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Preface to ”Carbon and Nitrogen in Forest

Ecosystems—Series I”

When studying forest ecosystems, it is essential to understand the differences between carbon 
and nitrogen spatial and temporary distribution and cycling when using various approaches. 
In addition, biotic/abiotic factors and natural/artificial disturbances on carbon and nitrogen cycling 
need to be better understood to draw implication on forest management practices.

Relevant matters investigated within this Special Issue are as follows:

• different approaches to measure carbon and nitrogen distribution and cycling in forest

ecosystems including field measurement, remote sensing, and modeling;

• differences in carbon and nitrogen cycling within an ecosystem and among ecosystems;

• changes in carbon and nitrogen cycling in forest ecosystems along successional gradients;

• roles of microbes, insects, and animals in carbon and nitrogen cycling in forest ecosystems;

• influences of climate change on carbon and nitrogen cycling in forest ecosystems;

• artificial manipulation of trees to simulate carbon and nitrogen cycling to climate change;

• influences of forest management practices on carbon and nitrogen cycling in forest ecosystems;

• ecosystem based forest management.

This Special Issue aims to understand carbon and nitrogen distribution and cycling in forest

ecosystem for ecosystem-based forest management under different natural and artificial disturbances.

Yowhan Son

Editor
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Biometric and Eddy Covariance Methods for
Examining the Carbon Balance of a
Larix principis-rupprechtii Forest in the Qinling
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Abstract: The carbon balance of forests is controlled by many component processes of carbon
acquisition and carbon loss and depends on the age of vegetation, soils, species composition, and the
local climate. Thus, examining the carbon balance of different forests around the world is necessary
to understand the global carbon balance. Nevertheless, the available information on the carbon
balance of Larix principis-rupprechtii forests in the Qinling Mountains remains considerably limited.
We provide the first set of results (2010–2013) from a long-term project measuring forest-atmosphere
exchanges of CO2 at the Qinling National Forest Ecosystem Research Station (QNFERS), and compare
the net ecosystem exchange (NEE) based on biometric measurements with those observed via the eddy
covariance method. We also compare the total ecosystem respiration via scaled-up chamber and eddy
covariance measurements. The net primary productivity (NPP) was 817.16 ± 81.48 g·C·m−2·y−1, of
which ΔBliving and Dtotal accounted for 77.7%, and 22.3%, respectively. Total ecosystem respiration
was 814.47 ± 64.22 g·C·m−2·y−1, and cumulative annual soil respiration, coarse woody debris
respiration, stem respiration, and leaf respiration were 715.47 ± 28.48, 15.41 ± 1.72, 35.28 ± 4.78,
and 48.31 ± 5.24 g·C·m−2·y−1, respectively, accounting for 87.85%, 1.89%, 4.33%, and 5.93% of
the total ecosystem respiration. A comparison between ecosystem respiration from chamber
measurements and that from eddy covariance measurements showed a strong linear correlation
between the two methods (R2 = 0.93). The NEE of CO2 between forests and the atmosphere
measured by eddy covariance was −288.33 ± 25.26 g·C·m−2·y−1, which revealed a carbon sink
in the L. principis-rupprechtii forest. This number was 14% higher than the result from the biometric
measurements (−336.71 ± 25.15 g·C·m−2·y−1). The study findings provided a cross-validation of the
CO2 exchange measured via biometric and eddy covariance, which are beneficial for obtaining the
true ecosystem fluxes, and more accurately evaluating carbon budgets.

Keywords: carbon balance; Qinling Mountains; biomass regression model; eddy covariance;
net primary productivity; net ecosystem exchange

1. Introduction

Forests play a critical role in the global carbon cycle [1,2], and since the 1990s, substantial data
have been acquired to clarify the contributions of forest ecosystems to the global carbon cycle [3–5].
The Qinling Mountains in central China provide an important climate boundary between the southern
subtropics and the northern temperate zone, where the typical vegetation of both climate zones is
present together with astonishingly high biodiversity [6]. Nevertheless, information relevant to the
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carbon balance from forests in the Qinling Mountains remains considerably limited. Studies have
demonstrated that mountain forests are ‘hot spots’ for carbon cycling and are expected to be more
strongly affected by climate change than lowland forests due to their sensitivity to warming [7,8].
Therefore, there is an urgent need for increased knowledge about the carbon fluxes in various mountain
forests, especially those in the Qinling Mountains.

Larix principis-rupprechtii is adapted to high light levels and can tolerate freezing temperatures.
This species grows in deep, well-drained acidic or neutral soils and is a valuable reforestation species
in China that is distributed over ten provinces. Due to its rapid growth, high-quality wood, resistance
to adverse climate and soil conditions, and high wind resistance, the tree is used for forest regeneration
and afforestation of barren hills. L. principis-rupprechtii forests in the Qinling Mountains serve as
major research sites for forest ecosystem studies because they represent the regional vegetation in
the temperate coniferous forest domain of China and are also a major component of temperate
forests globally. In addition, the L. principis-rupprechtii forest is sensitive to global change [9]. In the
Qinling Mountains, from 1958 to 1986, the area afforested with Larix reached 0.3 × 104 ha [10].
Although Zhou et al. estimated the carbon budget of a Larix forest in China [11], there is still
considerable uncertainty about the strength of the carbon source/sink in this forest due to discrepancies
in estimation methods and variations in age, management, and climate [12,13]. Thus, to accurately
determine the carbon balance of Larix forests, an adequate understanding of the processes that control
net CO2 exchange in a young L. principis-rupprechtii planted forest in the temperate regions is required.

The carbon balance at the ecosystem level (net ecosystem exchange, NEE) is controlled by
many component processes of carbon acquisition (photosynthesis, tree growth, forest ageing, and
carbon accumulation in soils) and carbon loss (respiration of living biomass, tree mortality, microbial
decomposition of litter, oxidation of soil carbon, degradation, and disturbance) [14]. However, previous
studies have suggested respiration as the main determinant in controlling the carbon balance of
ecosystems [13]. Ecosystem respiration is composed of autotrophic and heterotrophic components,
whose contributions to total respiration vary in space and time. Components of respiration include
soil (roots and microorganisms), coarse woody debris (CWD), and stem and leaf respiration, which
are controlled by the complex interaction of many factors, including temperature, moisture, canopy
cover, stand age, and nutrient contents [4,15]. Few studies have investigated the seasonal and annual
variability of these respiratory components in detail [4,16]. Hence, it is absolutely necessary to quantify
the ecosystem’s respiratory components, which can allow researchers to determine the contribution of
each component flux to the overall ecosystem respiration and improve our understanding of ecosystem
respiration dynamics [17].

Currently, the foremost techniques for measuring NEE are the eddy covariance technique and
the biometric technique. Each technique has advantages and disadvantages. The eddy covariance
method is a micrometeorological technique and has been widely used in different ecosystems [18,19].
The eddy covariance technique has numerous advantages: (1) it is nondestructive and has a low
workload, (2) it provides observations at the ecosystem scale, and (3) it yields continuous records that
address time scales every half hour to the length of the data record [16,20]. Since the early 1990s, more
than 500 eddy covariance flux towers have been built in numerous ecosystems around the world [21].
However, there are still deficiencies in the eddy covariance method. Firstly, the measurements become
unreliable or unavailable when the atmospheric conditions (wind, temperature, humidity, CO2) are
unsteady, the terrain is uneven, or there is very weak turbulence, as sometimes occurs at night [22,23].
Secondly, this method is valid for usage on large-scale field plots and cannot provide information on the
component carbon fluxes [16]. The biometric method offers the advantages of lower cost and simplicity,
in principle. Moreover, the chambers are portable and well suited for small-scale studies, which is
appropriate for replicated measurements in multiple small plots of field trials and is also necessary for
estimating the contributions of component carbon fluxes (for example, net primary production (NPP),
heterotrophic respiration, and autotrophic respiration) to the total fluxes. However, some drawbacks
have limited the application of the biometric method for NEE measurements. For example, (1) a variety
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of potential errors, such as modifications in the enclosed microclimate, pressure artefacts, and spatial
heterogeneity, may occur [24]; (2) it cannot effectively sample the full spatial variation of patch-specific
fluxes; (3) it cannot observe the full short-term (intra-daily) and intermediate (inter-daily) temporal
variations that occur within a site; and (4) large uncertainties in scaled-up estimates may result in over-
or underestimates of the actual fluxes [25].

In short, both the eddy covariance and the biometric methods must be inaccurate in measuring
NEE due to the weaknesses associated with using either method alone. Few studies have conducted
comparisons of eddy covariance and biometric-based measurements of NEE, especially relative to
measurements taken simultaneously at the same site using the two different methods [26]. Thus,
comparing the NEE measured using the eddy covariance and the biometric methods is necessary to
highlight the potential sources of errors. Such a comparison is straightforward but requires a strict
methodology for testing the accuracy and consistency of the eddy covariance and the biometric fluxes.

This paper presents the first set of results (2010–2013) from a long-term project measuring
forest-atmosphere exchanges of CO2 using the eddy covariance and biometric methods in a
L. principis-rupprechtii forest in the Qinling Mountains. The objectives of our study were as follows:
(1) to describe measurements of soil, coarse woody debris (CWD), stem, and leaf respiration based
on chamber methods and to combine these measured fluxes with continuous measurements of
temperature to model the respiration of each ecosystem component; (2) to estimate the spatial and
temporal variability of ecosystem respiration and the percentage of the total ecosystem respiration
of each component based on chamber measurements; and (3) to compare the total ecosystem
respiration based on scaled-up chamber measurements and NEE based on biometric measurements
with those observed via the eddy covariance method and to evaluate the carbon balance of the
L. principis-rupprechtii forest at this site.

2. Materials and Methods

2.1. Study Area

The study area for the ecosystem component measurements covered 1 ha centered on a tower
equipped for eddy covariance measurements of carbon dioxide exchange located at the Huoditang
Experimental Forest Farm of Northwest A&F University in the Qinling Mountains, Shaanxi Province,
China (Figure S1). The altitude is 2150 m, and the geographic coordinates are 33◦27′42′′ N latitude and
108◦28′54′′ E longitude. The annual average temperature is 10.80 ◦C, the annual precipitation 1200 mm,
and the climate belongs to the temperate zone. The period of snow cover is from December to March,
with a maximum depth of approximately 20 cm. The soil is classified as mountain brown earth.

The study area was selectively logged in the 1960s and 1970s, and since then, there have been no
major anthropogenic disturbances except for small amounts of illegal logging. Since the natural forest
protection project was initiated in 1998, human activities have almost vanished in the region. To reduce
disturbance, the permanent plot was protected by an enclosure. The site is level (a mean slope of 5◦),
which is ideal for this study, and the overstory and understory of the forest are homogeneous.
Moreover, the results of the data quality estimate (footprint analysis, energy balance estimate, eddy
statistic estimate, and power spectrum estimate) implied that not only the location selected but also
the configuration of this observational system are comparable for observations of the fluxes in the
long run [27].

The forest used for the current research was 50 years old and was dominated by
L. principis-rupprechtii. The mean stand height, diameter at breast height (DBH), and stand density
were 16 m, 18 cm, and 1585 trees·ha−1, respectively. In the shrub layer, the height varied from 80 cm to
520 cm and the percent cover was 28%. The major shrubs species present were Euonymus phellomanus,
Lonicera hispida, Lindera glauca, and Rubus pungens, together with herbs such as Carex leucochlora,
Deyeuxia arundinacea, Lysimachia christinae, Thalictrum minus, Anaphalis aureopunctata, Dioscorea nipponica,
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Rubia cordifolia, and Sinacalia tangutica, and the fern Dryopteris goeringiana. The average height of the
herbs was 60 cm, and the percent cover was 40%.

2.2. Biometric Measurements

2.2.1. Plot Measurements

In summer 2009, we established a permanent plot in the L. principis-rupprechtii forest. The 1 ha
plot was divided into 25 quadrats 20 m × 20 m in size. The quadrats were each subdivided into
16 sub-quadrats 5 m × 5 m in size. A total of 1585 trees and 2728 shrubs in these sub-quadrats
were permanently marked with aluminum labels and numbered consecutively. Based on the plot
investigation, 10 standard trees outside the plot were felled. The leaves and branches at different
canopy positions and orientations and the stems of different diameters were all collected, and the roots
were dug up from the 10 standard trees to measure the carbon content ratio and evaluate the biomass.
The DBH of all trees (including dead and new trees) were documented in August of each year during
2009–2013 to estimate (the annual change in) the biomass, which was calculated via the regression
model developed in a previous study in this region (Table S2) [28].

We also documented the species, height, crown width, and basal stem diameter of all shrubs
(including dead and new shrubs) in August of each year during 2009–2013 for biomass calculations.
Based on the species present within the plots, E. phellomanus, L. hispida, L. glauca, and R. pungens outside
the plot were dug up, with totals of 55, 48, 78, and 62 individual plants, respectively. The species,
height, crown width, and basal stem diameter of these harvested shrubs were recorded, and they
were then taken back to the laboratory to measure the carbon content ratio and develop a biomass
regression model (Table S3).

To reduce disturbance, based on the plot investigation, we selected twenty 1 m × 1 m groundcover
quadrats outside the plot in August of 2009–2013. All of the herbs were dug out in the twenty quadrats
each year in order to measure the carbon content ratio and biomass. The twenty quadrats were not
repeated each year, and new quadrats were selected each year.

In order to accurately estimate the root biomass and correct the fine root loss caused by digging,
we used soil coring to supplement the fine root biomass [29]. A representative root sample was
extracted from soil cores of 30 cm in length and 1.8 cm in diameter (76 cm3). We selected twenty soil
cores outside the plot in August of 2009–2013. All soil cores were extracted each year to supplement the
fine root biomass. The twenty soil cores were not repeated each year, and new soil cores were selected
each year. Litterfall was collected from the beginning of August 2009 to August 2013 at monthly
intervals. Twenty 1 m × 1 m litter traps were randomly erected in the plot. Each trap consisted of
2 mm mesh nylon netting (on a wooden frame) suspended from a wire hoop and held 30 cm above the
ground by four metal poles.

2.2.2. Carbon Content Ratio

The samples of trees, shrubs, and herbs were classified into species and organs (stem, bark, branch,
leaf, and root), and the stems, branches, and roots were cut into 10 cm lengths. In each species, the
same organs of the samples were pooled into one composite sample, while the twenty litterfall traps
were also pooled into one composite sample. These composite samples were dried at 85 ◦C to constant
weight (approximately 72 h) and then crushed to pass through a No. 200 mesh (0.074 mm) in order
to measure the carbon content ratio. Each composite sample was repeatedly measured three times
with a TOC analyzer (TOC-VTH-2000A, Shimadzu, Japan), and the average value was obtained for the
carbon content ratio of litterfall and the different organs of the trees, shrubs, and herbs.

2.2.3. Net Primary Productivity (NPP)

Forest NPP estimates have been based primarily upon measurements of stems, bark, branches,
and roots (including coarse and fine roots) biomass gain using regression models for trees and shrubs
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and harvest methods for other ecosystem components (herbs and litterfall). NPP was estimated using
the following equations:

NPP = ΔBliving + Dtotal (1)

ΔBliving = ∑ TiOi + ∑ SjOj + ∑ HrOr (2)

Dtotal = ∑ DtiOi + ∑ DsjOj + L × P (3)

where ΔBliving is the increment in live plant biomass, Ti is the live tree biomass increment of the ith
organ (except for leaf), Oi is the tree carbon content ratio of the ith organ, Sj is the live shrub biomass
increment of the jth organ (except for leaf), Oj is the shrub carbon content ratio of the jth organ, Hr is
the herbaceous biomass increment of the root, Or is the herbaceous carbon content ratio of the root,
Dtotal is the sum of dead plant mass, Dti is the dead tree mass of the ith organ (except for leaf), Oi is
the tree carbon content ratio of the ith organ, Dsj is the dead shrub mass of the jth organ (except for
leaf), Oj is the shrub carbon content ratio of the jth organ, L is the mass of litterfall, and P is the carbon
content ratio of litterfall. Herbivore loss is often assumed to be negligible in healthy stands [30] and
was not estimated in this study.

2.2.4. Leaf Area Index

The LAI-2000 plant canopy analyzer (LI-COR, Inc., Lincoln, NE, USA) is designed to estimate
the leaf area index (LAI) of plant canopies indirectly from measurements of radiation above and
below the canopy based on a theoretical relationship between leaf area and canopy transmittance [31].
The below-canopy measurements were made at 40 points, which were marked with red stakes and
located along permanent transects; the sampling distance was 15 m in this forest. Above-canopy
measurements were taken automatically every 15 s by a second instrument in the center of an open
field situated nearby. The fish-eye lens of the instrument was covered by a view cap with a 90◦ opening
to ensure that the reference measurements were not influenced by the trees surrounding the clearings
or by the operator [32]. In taking canopy measurements, the sensor was held so that the same portion
of the sky and the same level (between 1 and 1.5 m above ground) was occluded for both sensors
(above- and below-canopy measurements). The LAI measurements were made every 2 weeks from
April to November in 2010–2013.

2.2.5. Micrometeorological Measurements

A full suite of micrometeorological measurements was taken from the weather station located 20 m
away from the plot, including air temperature and humidity (HMP45C, Vaisala, Helsinki, Finland),
photosynthetically active radiation, soil temperature (10 cm), and precipitation. Data from all the
sensors were recorded on data loggers (CR-1000, Campbell Scientific, Logan, UT, USA), and the data
were downloaded every 2 weeks to a laptop personal computer (PC).

2.2.6. Soil Respiration

Soil respiration was measured using an LI-6400-09 soil chamber connected to an LI-6400 portable
photosynthesis system (LI-COR, Inc., Lincoln, NE, USA). Thirty soil collars, each with a height of
10 cm and a diameter of 10 cm, were randomly placed in the 1 ha plot. To avoid influence on the
measurement of soil respiration, the soil collars were inserted into the soil at the depth of 2 cm one
week before the measurement of soil respiration. The surface vegetation inside the soil collars was
cleared 1 day before the measurement, and the topsoil was kept intact to avoid its influence on the
measured results. Surface efflux was measured three times in succession for each collar during each
measurement period. Soil temperature at 10 cm was measured adjacent to each respiration collar with
a portable temperature probe provided with the LI-6400. The measurements were made every 2 weeks
from April to November in 2010–2013.
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We used an exponential equation to analyze the relationship between respiration and temperature:

R = R0eβT (4)

where R is the component respiration (soil (μmol·m−2·s−1), root (μmol·m−2·s−1), coarse woody
debris (μmol·m−3·s−1), stem (μmol·m−3·s−1), or leaf (μmol·g−1·d−1)); T is the temperature of each
component (◦C); and R0 and β are fitted parameters. The temperature dependence of respiration
is often described by the Q10 value, which is called the temperature sensitivity of respiration.
The respiration parameter, Q10, can be derived from Q10 = exp (10β). Estimated parameters were
used to predict the soil respiration for every 0.5 h over 4 years based on continuous temperature
measurements from the weather station.

2.2.7. Root Respiration

The trenching method was used to estimate the root respiration [33]. The trenched plot
(20 m × 20 m) was established adjacent to the permanent plot at this site. We also randomly established
twenty 50 cm × 50 cm subplots in the trenched plot in August 2009. Each subplot was prepared by
making vertical cuts along the boundaries to 50 cm below the ground surface (approximately the
bottom of the root zone) with a steel knife, severing all roots. The roots were removed, and fiberglass
sheets were installed to prevent roots from entering. The trenches were backfilled with the same soil.
The aboveground parts of all plants growing in the subplots were cut off, and new seedlings and
re-growth from the roots were periodically clipped when necessary.

Twenty soil collars, each with a height of 10 cm and a diameter of 10 cm, were inserted into the
soil in the subplots. The soil respiration in the trenched plot was measured using the same method for
soil respiration.

We used the following equation to calculate the root respiration (RR, μmol·m−2·s−1):

RR = RS − RC (5)

where RS is the soil respiration in the permanent plot (μmol·m−2·s−1) and RC is the soil respiration in
the trenched plot (μmol·m−2·s−1).

2.2.8. Coarse Woody Debris Respiration

We used the standard method developed by the United States Department of Agriculture (USDA)
Forest Service and the Long Term Ecological Research (LTER) programme to define woody debris
as CWD, which was further categorized into logs, snags, and stumps [34]. The downed or leaning
deadwood with a diameter at the widest point ≥10 cm and length ≥1 m were included in the group.
The dead trees with a gradient (departure from vertical direction) ≤45◦ were considered as snags,
while those with a gradient >45◦ were classified as logs. The vertical deadwood with a height ≤1 m
was considered as stumps. Each piece of CWD was assigned to one of five decay classes on the basis
of differences in internal and external tissue characteristics (Table S4) [35]. The numbers 1, 2, 3, 4,
and 5 represent different decomposition stages, i.e., 1 represents the initial stage and 5 represents the
final stage.

CWD respiration was measured for the five decay classes in the plot. Three pieces of CWD were
sampled for CWD respiration in each decay class, and three fixed plates were mounted on each low
decay class of CWD (sufficient sound wood was present) with silicon sealant at a random azimuth.
A custom Plexiglas cuvette, 800 cm3 in volume with an 80 cm2 opening, was closely attached to
the mounting plate just before each measurement. CWD respiration was measured three times in
succession for each cuvette during each measurement and three times during the day at each cuvette.
CWD temperature at 10 cm deep was measured adjacent to each cuvette with a portable temperature
probe provided with the LI-6400. For the more advanced decay classes, these CWD samples were
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placed into the containers to measure. The measurements were made every 2 weeks from April to
November in 2010–2013.

The measured CWD respiration rates per unit area were converted to rates per unit volume.
We used the exponential function (Q10 function) to analyze the response of CWD respiration per unit
of volume to CWD temperature (Equation (4)). Continuous CWD temperatures were calculated by the
model, which simulated the relationship between CWD temperatures and 10 cm soil temperatures
(Figure S5).

To upscale the chamber measurements of CWD respiration to the stand level, we calculated the
volume of the five decay classes of CWD in the plot. Forest censuses were conducted in August of
each year during 2009–2013 to determine the CWD volume. Each log or stump was considered as a
cylinder; consequently, we used Smalian’s formula to produce a volume estimate through the length
and cross-sectional areas at the basal and distal ends of the cylinder [36]. For snags, we used the height
and diameter in a species-specific wood volume equation, thus calculating the volume of each piece of
the snag.

2.2.9. Stem Respiration

Fifty fixed plates were mounted on the trunks of 50 standard trees with silicon sealant at
approximately 130 cm in height and a random azimuth. We used the same cuvette that was used
to measure CWD respiration for measuring stem respiration; the cuvette was closely attached to
the mounting plate just before each measurement. For the CWD respiration measurements, stem
respiration rates were measured three times in succession for each cuvette during each measurement
and three times during the day at each cuvette. The measurements were made every 2 weeks with an
LI-6400 portable photosynthesis system (LI-COR, Inc., Lincoln, NE, USA) from April to November in
2010–2013. Stem temperature was measured with a portable temperature probe provided with the
LI-6400 inserted into the sapwood near the cuvette of each sample tree. The sapwood thickness and
wood mass density of each standard tree were measured from tree cores.

Measured stem respiration rates per unit area were converted to rates per unit of sapwood
volume based on sapwood area and tree DBH, assuming a wedge-shape volume had contributed
to the respiration rates. We used the exponential function (Q10 function) to analyze the response of
stem respiration per unit of sapwood volume to stem temperature (Equation (4)). Continuous stem
temperatures were calculated by the model, which simulated the relationship between stem
temperatures and air temperatures (Figure S6).

To upscale the chamber measurements of stem respiration to the stand level, we estimated the
total sapwood volume per unit of ground area in the plot. We assumed that branch respiration per
volume had the same rate as stem (bole) respiration, similar to the assumptions made by Law et al. [37],
Xu et al. [38], and Bolstad et al. [4].

After measuring the DBH and sapwood thickness, we estimated the sapwood volume of 30 sample
trees to develop the regression model for sapwood volume:

ln Vp = 0.90589 ln (D2H)− 10.31542 (6)

where Vp is the sapwood volume including that from stems and branches (m3), D is the DBH (m),
H is the tree height (m), and the correlation coefficient is 0.9452. Equation (6) was used to estimate the
sapwood volume of the whole stand and the average sapwood volume per ground area.

2.2.10. Leaf Respiration

Leaf respiration was measured from 30 leaves collected from 10 L. principis-rupprechtii trees,
30 leaves from shrubs, and 30 leaves from herbs from April to November in 2010–2013. Following the
method of Bolstad et al. [4], branches from species from random heights and directions in the canopy
were detached at night and immediately placed in a plastic bag with a moistened paper towel and
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transported in the dark to a nearby laboratory. Fully expanded leaves were detached just before
measurement. All measurements were made within 3 h of branch harvest. Leaf respiration rates
were measured from 5 to 25 ◦C with a controlled temperature LI-6400 portable photosynthesis system
(LI-COR, Inc., Lincoln, NE, USA). Leaf area was measured with an AM-300 portable leaf area meter
(ADC Bioscientific Limited, SG12, 9TA, Cambridge, UK). Leaves were oven dried at 65 ◦C and weighed.
The measured leaf respiration rates per unit area were converted to rates per unit of dry biomass.

We used the exponential equation (Equation (4)) to fit the leaf respiration per unit of dry biomass
as a function of leaf temperature for each species. We assumed in this study that the leaf temperature
was the air temperature.

To upscale chamber measurements of leaf respiration to the stand level, we estimated the total
leaf dry biomass per unit of ground area in the plot. The dry leaf biomass of shrubs and herbs was
estimated by our study, while the dry leaf biomass of L. principis-rupprechtii was estimated by the
regression model based on a previous study in this region [28].

2.2.11. Net Ecosystem Exchange

The annual net ecosystem exchange of CO2 (NEE, g·C·m−2·y−1) can be estimated using the
following equation according to the measured annual rates of component respirations and net primary
production (NPP):

NEE = RS + RCWD − RR − NPP (7)

where RS is the soil respiration (g·C·m−2·y−1), RCWD is the CWD respiration (g·C·m−2·y−1),
Equation (5) was used to calculate the RR (g·C·m−2·y−1), and Equation (1) was used to calculate
the NPP (g·C·m−2·y−1).

2.3. Eddy Covariance Measurements

To compare with biometric measurements, fluxes of CO2 were measured from a tower at 30 m
above ground in the center of the stand. A three-dimensional sonic anemometer (CSAT-3, Campbell
Scientific, Inc., Logan, UT) and an open-path infrared gas analyzer (LI-7500, LI-COR, Lincoln, NE,
USA) mounted at a height of 25 m measured the three components of the wind velocity vector,
sonic temperature, and the densities of water vapor and CO2. These components were sampled
at 10 Hz by a data logger (CR-5000, Campbell Scientific, Logan, UT, USA), which also calculated
the 30 min covariance using Reynolds block averaging. Surface fluxes were later calculated off-line
after performing a two-dimensional coordinate rotation and accounting for density fluctuations [39].
NEE data were screened for weak turbulence friction velocity at night. Although we found only a
negligible trend of increasing NEE with u*, we calculated an annual NEE using a u* threshold of
0.15 m·s−1. To fill the gaps, a double-directional interpolation model of artificial neural networks
(ANNs) was used [27]. Nighttime NEE was assumed to be a measurement of ecosystem respiration and
was extrapolated to all times by using a temperature response function as described by Cook et al. [40]
and Desai et al. [41].

2.4. Statistical Analyses

One-way ANOVAs were used to determine the effect of the 10 cm soil temperature on the soil
respiration, of CWD temperature on the respiration of different CWD decay classes, of sapwood
temperature on the stem respiration, and of air temperature on the leaf respiration. An exponential
equation was used to simulate the relationship between respiration and temperature. The relationship
between the CWD temperature and the 10 cm soil temperature was simulated using a regression
model. A regression model was also used to simulate the relationship between sapwood temperature
and air temperature. The sapwood volume was estimated by a regression model. Moreover, the
eddy covariance technique and chamber-based estimates were simulated based on a linear model.
All statistical analyses were conducted using the SAS 8.0 Statistical Package, with a p-value of 0.05 set

8



Forests 2018, 9, 67

as the limit for statistical significance. Origin 8.0 (OriginLab Corporation, Northampton, MA, USA)
was used to draw the graphs.

3. Results

3.1. Environmental Factors

There was a clear seasonal pattern in air temperature and 10 cm soil temperature during
2010–2013 (Figure S7). The air temperature changed more dramatically, but the variation of the
10 cm soil temperature was consistent with the air temperature. The annual mean air temperature was
10.82 ± 9.66, 10.94 ± 9.78, 10.59 ± 9.60, and 10.89 ± 9.84 ◦C for 2010 to 2013, respectively. The annual
mean 10 cm soil temperature was 11.12 ± 8.09, 11.22 ± 8.19, 10.93 ± 8.04, and 11.18 ± 8.24 ◦C
for 2010 to 2013, respectively. Due to rain, the photosynthetic active radiation was relatively low
from June to August for all years (Figure S8). The annual mean photosynthetically active radiation
was 147.81 ± 92.09, 149.05 ± 103.63, 146.19 ± 94.49, and 144.54 ± 81.05 μmol·m−2·s−1 for 2010 to
2013, respectively.

3.2. Soil Respiration

There was a significant exponential relationship between soil respiration and the 10 cm soil
temperature. The parameters in Equation (4) for soil respiration are summarized in Table 1.
Equation (4) allows us to estimate the year-round soil respiration using the 10 cm soil temperature as an
independent variable. There was an obvious seasonal pattern of soil respiration in 2010–2013 (Figure 1).
Soil respiration includes soil heterotrophic respiration, root respiration, and litter respiration; root
respiration accounted for 35% ± 7% of the soil respiration on average in 2010–2013 (Figure 1). The total
soil respiration was 710.37 ± 20.14, 721.45 ± 22.45, 692.77 ± 19.64, and 737.27 ± 24.27 g·C·m−2·y−1 for
2010 to 2013, respectively. The lower soil respiration in 2012 was consistent with the soil temperature
in 2012, which was lower than in other years.

Figure 1. Daily mean soil and root respiration in the L. principis-rupprechtii forest during 2010–2013.
Error bars are based on 0.5 h soil temperatures as experimental unit (n = 48).
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Table 1. Parameters in the temperature response function (Equation (4)) for soil respiration
(RS, μmol·m−2·s−1), root respiration (RR, μmol·m−2·s−1), coarse woody debris (CWD) respiration
(RCWD, μmol·m−3·s−1), stem respiration (RT, μmol·m−3·s−1), and leaf respiration (RL, μmol·g−1·d−1).

Respiration (R) R0 β Q10 Coefficient of Determination (R2) Samples (n)

RS 0.22 0.14 4.19 0.76 5760
RR 0.12 0.11 3.00 0.66 3840

RCWD

1 1.03 0.12 3.44 0.72 576
2 1.30 0.10 2.62 0.81 576
3 3.25 0.07 2.06 0.73 576
4 3.43 0.10 2.81 0.76 576
5 3.03 0.10 2.59 0.82 576

RT 1.42 0.09 2.51 0.72 9600

RL

Tree 3.52 0.07 1.98 0.65 1920
Shrub 4.81 0.06 1.85 0.68 1920
Herb 2.75 0.07 1.92 0.65 1920

3.3. Coarse Woody Debris (CWD) Respiration

There was a strong exponential correlation between the respiration of different CWD decay classes
and temperature (Table 1). To estimate continuous CWD respiration in the L. principis-rupprechtii forest
during 2010–2013, we calculated continuous CWD temperature using the model that simulated the
relationship between the CWD temperature and the 10 cm soil temperature. The seasonal variation of
the CWD respiration per volume indicated that the CWD respiration peaked in July and then followed
a decreasing trend with time (Figure 2). We found significant differences in the CWD respiration
among the different decay classes in 2010–2013. The maximum respiration across the four years, with
a mean of 15.33 ± 1.32 μmol·m−3·s−1, appeared in decay class 4, which was more than 3 times higher
than the minimum in decay class 1 (4.65 ± 0.37 μmol·m−3·s−1). Over time, the volume of different
CWD decay classes increased (Table 2). The respiration of different CWD decay classes per unit ground
area also increased over time, except for a slight decrease in 2012 (Table 2), which was consistent with
the temperature of different CWD decay classes.

Table 2. Volume (m3·ha−1) and the respiration of different coarse woody debris (CWD) decay classes
per ground area (g·C·m−2·y−1) during 2010–2013.

CWD Decay Classes
Year

2010 2011 2012 2013

1
Volume 16.83 (1.23) 17.90 (1.51) 18.17 (1.31) 19.21 (1.62)

Respiration 2.85 (0.23) 3.06 (0.18) 3.02 (0.26) 3.31 (0.28)

2
Volume 14.64 (1.18) 14.90 (1.22) 15.89 (1.08) 16.41 (1.33)

Respiration 3.03 (0.17) 3.12 (0.25) 3.21 (0.23) 3.49 (0.27)

3
Volume 8.95 (0.82) 9.28 (0.78) 9.40 (0.68) 9.82 (0.72)

Respiration 2.84 (0.23) 2.97 (0.18) 2.94 (0.23) 3.16 (0.22)

4
Volume 6.39 (0.51) 6.63 (0.48) 6.71 (0.53) 7.03 (0.38)

Respiration 3.69 (0.19) 3.88 (0.26) 3.80 (0.31) 4.16 (0.34)

5
Volume 5.11 (0.31) 5.30 (0.28) 5.38 (0.38) 5.65 (0.27)

Respiration 2.16 (0.16) 2.27 (0.21) 2.23 (0.27) 2.44 (0.26)

Total
Volume 51.92 (3.86) 54.01 (4.51) 55.55 (4.39) 58.12 (4.88)

Respiration 14.57 (1.58) 15.30 (1.35) 15.20 (1.61) 16.56 (1.48)

Note: standard error is provided in brackets.
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Figure 2. The daily mean respiration of different coarse woody debris (CWD) decay classes in the
L. principis-rupprechtii forest during 2010–2013. Error bars are based on 0.5 h soil temperatures as
experimental unit (n = 48).

3.4. Stem Respiration

We found an exponential relationship between stem respiration and sapwood temperature, and
the parameters are summarized in Table 1. Because sapwood temperature was not recorded for the
whole year, we developed a correlation between sapwood temperature (y) and air temperature (x)
(y = 0.62385 + 0.88813x, R2 = 0.98674, n = 108, p < 0.0001). Stem respiration varied seasonally, with the
lowest rate in February and the highest in July (Figure 3). Sapwood volume was 189.21 ± 12.31,
193.52 ± 11.08, 196.28 ± 15.57, and 215.21 ± 18.11 m3·ha−1 during 2010 to 2013, respectively.
We estimated the stem respiration per unit of ground area as 33.52 ± 2.86, 34.68 ± 3.18, 34.12 ± 2.17,
and 38.82 ± 3.22 g·C·m−2·y−1 from 2010 to 2013, respectively.

Figure 3. Daily mean stem respiration in the L. principis-rupprechtii forest during 2010–2013. Error bars
are based on 0.5 h air temperatures as experimental unit (n = 48).
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3.5. Leaf Respiration

The diurnal and seasonal variations in the leaf respiration rate related well with the corresponding
variation in air temperature (Table 1). The minimum leaf respiration for trees, shrubs, and herbs all
appeared in March, rose sharply until July, and then decreased until November (Figure 4). Shrub leaves
per unit of biomass had slightly higher respiration than tree and herb leaves. Leaf biomass increased
with time (Table 3), which was consistent with the LAI measured by LAI-2000. Cumulative leaf
respiration per unit of ground area for trees, shrubs, and herbs indicated that tree leaves had higher
respiration than shrub and herbaceous leaves (Table 3), corresponding mainly with the highest leaf
biomass for trees. Over time, the leaf respiration per unit of ground area increased.

Table 3. Leaf dry biomass (t·ha−1) and leaf respiration per ground area (g·C·m−2·y−1) for trees, shrubs,
and herbs, and leaf area index (LAI) during 2010–2013.

Items
Year

2010 2011 2012 2013

Tree
Biomass 10.35 (0.86) 11.23 (0.78) 12.11 (1.14) 13.42 (1.21)

Respiration 41.53 (3.89) 45.28 (4.15) 45.21 (3.71) 53.39 (4.82)

Shrub
Biomass 0.10 (0.04) 0.11 (0.03) 0.13 (0.02) 0.15 (0.01)

Respiration 0.46 (0.03) 0.50 (0.04) 0.54 (0.06) 0.71 (0.08)

Herb
Biomass 0.42 (0.04) 0.45 (0.05) 0.48 (0.04) 0.51 (0.04)

Respiration 1.28 (0.15) 1.37 (0.18) 1.40 (0.11) 1.56 (0.17)

All
Biomass 10.87 (1.04) 11.79 (0.82) 12.72 (1.14) 14.08 (1.31)

Respiration 43.27 (3.92) 47.15 (4.27) 47.15 (4.11) 55.66 (4.52)

LAI 2.15 (0.56) 2.47 (0.62) 2.74 (0.46) 3.15 (0.48)

Note: standard error is provided in brackets.

Figure 4. Daily mean leaf respiration for trees, shrubs, and herbs in the L. principis-rupprechtii forest
during 2010–2013. Error bars are based on 0.5 h air temperatures as experimental unit (n = 48).

3.6. Ecosystem Respiration

The minimum ecosystem respiration appeared in January–March, rose sharply until July,
and then decreased until winter (Figure 5). Ecosystem respiration ranged from 0.22 ± 0.02 to
7.86 ± 0.38 μmol·m−2·s−1 in 2010–2013. The component respiration demonstrated a similar seasonal
variation with ecosystem respiration. Soil was the strongest source of annual respiration for the
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ecosystem, which was approximately 50 times higher than the minimum respiration for CWD
(Table 4). Soil, CWD, stem, leaf, and ecosystem respiration in 2013 was the highest among 2010–2013.
Aboveground autotrophic respiration (stem + leaf respiration) comprised 10.26% of the total respiration,
with leaf respiration slightly higher than stem respiration.

Figure 5. Daily mean soil, CWD, stem, leaf, and total ecosystem respiration in the L. principis-rupprechtii
forest during 2010–2013. Error bars are based on 0.5 h soil temperatures and air temperatures as
experimental unit, respectively (n = 48).

Table 4. Ecosystem respiration, component respiration (g·C·m−2·y−1), and percentage (%) during
2010–2013 and the average over four years.

Year Soil CWD Stem Leaf Ecosystem

2010 710.37 (20.14) 14.57 (1.58) 33.52 (2.86) 43.27 (3.92) 801.73 (58.67)
Percentage 88.60% 1.82% 4.18% 5.40% 100%

2011 721.45 (22.45) 15.30 (1.35) 34.68 (3.18) 47.15 (4.27) 818.58 (68.14)
Percentage 88.13% 1.87% 4.24% 5.76% 100%

2012 692.77 (19.64) 15.20 (1.61) 34.12 (2.17) 47.15 (4.11) 789.24 (51.55)
Percentage 87.78% 1.93% 4.32% 5.97% 100%

2013 737.27 (24.27) 16.56 (1.48) 38.82 (3.22) 55.66 (4.52) 848.31 (74.12)
Percentage 86.91% 1.95% 4.58% 6.56% 100%

Average 715.47 (28.48) 15.41 (1.72) 35.28 (4.78) 48.31 (5.24) 814.47 (64.22)
Percentage 87.85% 1.89% 4.33% 5.93% 100%

Note: standard error is provided in brackets.

3.7. Net Primary Productivity

The carbon content ratio was measured to calculate the carbon density, and the carbon content
ratio was different in various components of vegetation in the L. principis-rupprechtii forest (Table S9).
NPP was highest in 2013 (833.33 ± 80.14 g·C·m−2·y−1), with an average of 817.16 ± 81.48 g·C·m−2·y−1

in the L. principis-rupprechtii forest, of which ΔBliving and Dtotal accounted for 77.7%, and 22.3%,
respectively (Table 5). NEE was the lowest in 2012 (−344.14 ± 22.32 g·C·m−2·y−1), and the
average in all years was −336.71 ± 25.15 g·C·m−2·y−1, which revealed a carbon sink in the
L. principis-rupprechtii forest.
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Table 5. Annual net primary productivity (NPP) and net ecosystem exchange (NEE) during 2010–2013
(g·C·m−2·y−1).

Items 2010 2011 2012 2013 Average

ΔBliving 656.48 (51.22) 623.35 (52.25) 605.88 (51.14) 654.15 (53.33) 634.97 (52.52)
Dtotal 155.04 (12.85) 190.82 (18.17) 203.76 (18.82) 179.18 (15.69) 182.19 (16.85)
NPP 811.52 (72.28) 814.17 (67.58) 809.64 (72.66) 833.33 (80.14) 817.16 (81.48)
NEE −335.21 (20.52) −329.93 (19.64) −344.14 (22.32) −337.55 (17.34) −336.71 (25.15)

Note: standard error is provided in brackets.

3.8. Comparison between Biometric and Eddy Covariance Measurements

Eddy covariance measurements of NEE showed seasonal variation, with a maximum in
November (2.71 ± 0.22 g·C·m−2·d−1) and a minimum in August (−6.84 ± 0.56 g·C·m−2·d−1) (Figure 6).
Eddy covariance measurements of NEE from May to September were negative, which suggested a carbon
sink during the growing season. Overall, eddy covariance measurements of NEE showed an average
of −288.33 ± 25.26 g·C·m−2·y−1 (−292.28 ± 18.17 g·C·m−2·y−1, −281.02 ±17.22 g·C·m−2·y−1,
−270.56 ± 20.21 g·C·m−2·y−1, and −309.47 ± 24.37 g·C·m−2·y−1 for 2010 to 2013, respectively),
which indicated a sink at this site. These numbers are close to the results from the biometric
measurements but average 14% higher. Based on eddy covariance measurements, annual
ecosystem respiration was estimated as 780.37 ± 82.18 g·C·m−2·y−1 (759.12 ± 62.51 g·C·m−2·y−1,
766.38 ± 71.17 g·C·m−2·y−1, 781.49 ± 64.82 g·C·m−2·y−1, and 814.48 ± 75.18 g·C·m−2·y−1 for 2010
to 2013, respectively). Daily mean ecosystem respiration based on chamber measurements and eddy
covariance measurements are plotted in Figure 7. The curve shows a good correlation between these
two measurement methods, with R2 = 0.93.

Figure 6. Eddy covariance measurements of NEE in the L. principis-rupprechtii forest. Data are daily
mean NEE during 2010–2013. Error bars are based on 0.5 h eddy covariance measurements of NEE as
experimental unit (n = 48).
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Figure 7. Comparison between chamber-based and eddy covariance measurements of ecosystem
respiration. Data are daily mean respiration during 2010–2013. The solid line indicates a linear fit.

4. Discussion

The seasonal variation of component respiration was driven by temperature, and temperature was
strongly exponentially correlated with component respiration. This conclusion has been reported in
several studies [16,26]. According to our analysis, the ecosystem respiration based on eddy covariance
measurements was also exponentially related to the air temperature, explaining 94% of the variability
in the ecosystem respiration (Figure S10).

Biometric-based flux measurements combined with spatial and temporal upscaling allowed
us to estimate the respiration of each component of the ecosystem. The CO2 flux of soil from
our site was higher than that from a mature temperate mixed forest in the Changbai Mountains
(0.49–4.12 μmol·m−2·s−1), which may be due to the higher temperature at our site (Annual average
temperature is 3.6 ◦C in the Changbai Mountains) [26]. Soil respiration is influenced by many factors,
including abiotic factors, such as the soil temperature, soil moisture, rainfall, and soil C/N, and
biotic factors, such as vegetation cover, litter thickness on the ground, fine root mass, soil organic
matter, soil characteristics, leaf area index, and human activities. A number of studies concluded that
soil moisture is an important factor influencing soil respiration [42–44]. However, a comparison of
recent findings in this region showed that soil moisture had little impact on soil respiration relative
to in situ temperature. An adequate soil moisture level may explain the non-significant influence
of soil moisture on soil respiration [26]. The Q10 value was the highest in soil respiration, with a
value of 4.19, which revealed that there was a stronger sensitivity of soil respiration to temperature
in different component respirations, which was different from other ecosystems. For example, Raich
and Schlesinger reviewed global soil respiration values and found a median Q10 value of 2.4 [45]. In a
temperate mixed-hardwood forest, the Q10 value ranged from 3.4 to 5.6 [46]. The Q10 value ranged
from 1.93 to 4.80 in different vegetation communities in the Belgian Campine region [47]. Moreover,
Cao et al. reported Q10 values of 2.75 and 3.22 in an alpine meadow on the Tibetan Plateau of China [48].
Wu et al. reported a value of 4.07 in the Changbai Mountains of China [49]. On the eastern part of the
Loess Plateau of China, the Q10 value ranged from 2.37 to 5.53 [50]. The various Q10 values reported in
different ecosystems may be due to both methodology and differences in biotic and abiotic factors that
affect soil respiration differently [50].
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Whole-ecosystem respiration is dominated by soil respiration in forests [4]. Soil respiration has
been found to account for 30–90% of total ecosystem respiration in temperate forests [13], and our
result was close to the upper limit, at 87.85%. The percentage of soil respiration was higher, possibly
due to the lower precipitation (600 mm) at our site, but there were lower nutrients in the soil (sandy
loam) at a Michigan site and in a ponderosa pine forest in Oregon (76%) [37]. Total soil respiration is
always regarded as a critical component of the carbon balance of an ecosystem. The estimated annual
soil respiration was 715.47 ± 28.48 g·C·m−2·y−1, which was similar to that reported by Raich and
Schlesinger for temperate coniferous forests, at 681 ± 95 g·C·m−2·y−1 [45]. Other ecosystems reported
various values for soil respiration, including 600–700 g·C·m−2·y−1 in beech forests in France [51],
485 g·C·m−2·y−1 in hardwood forests in the USA [52], 581 g·C·m−2·y−1 in a warm-temperate mixed
forest in Japan [53], 963.98 g·C·m−2·y−1 in a Korean pine and broadleaf mixed forest in China [54], and
454 g·C·m−2·y−1 in a tropical seasonal rainforest in China [55]. These different results demonstrate
that soil respiration is closely related to vegetation and climate.

In our study, leaf respiration was second in magnitude among the respiration fractions. This result
is consistent with that of previous studies [5,26]. However, the leaf respiration at our site was lower than
that in an old-growth hardwood forest (114.85 g·C·m−2·y−1) and a hemlock forest (72.20 g·C·m−2·y−1)
in the USA [16]. Moreover, Law et al. compared leaf respiration in young (124 g·C·m−2·y−1) and old
(136 g·C·m−2·y−1) ponderosa pine forests of the USA [56], which were all higher than ours. In the
present study, this lower leaf respiration may have been caused by (1) the lower annual mean LAI (4.1 in
the hardwood forest and 3.8 in the hemlock forest), (2) reduced air temperature and photosynthetic
active radiation [57], or (3) decreased foliage N and chlorophyll concentrations [37]. In addition, both
the canopy position and foliage age had significant effects on leaf respiration [12].

Because of difficulties in measurement, little attention was paid to stem respiration in the
past. However, with increasing atmospheric CO2 concentrations and as an important part of the
annual carbon balance of forest ecosystems, studies of stem respiration have generated active debate.
Stem respiration was strongly correlated with temperature, and the Q10 value at our site was similar
to that of other ecosystems. For example, in a Pinus koraiensis forest in China, the Q10 value ranged
from 2.56 to 3.32 [58]. In a temperate mixed forest in China, the Q10 value ranged from 1.86 to 2.41 [26].
Ryan et al. reported that the Q10 value ranged from 1.3 to 1.9 in four conifer forests in the USA [59].
According to our study, stem respiration was slightly lower than leaf respiration, which was consistent
with others [5,26,37,38]. However, the stem respiration at our site was much lower than those in
an old-growth hardwood forest (130.5 g·C·m−2·y−1) and a hemlock forest (206.5 g·C·m−2·y−1) in
the USA [16], which may be due to lower sapwood volume (296.3 m3·ha−1 in the hardwood forest
and 448.5 m3·ha–1 in the hemlock forest). In addition, stem respiration is influenced by numerous
factors, including meteorological factors (e.g., stem temperature, CO2 concentration, and humidity)
and biological factors (tree species, tree age, diameter at breast height, sapwood size, and nitrogen
content in the stem). Latitude, altitude, and topographic factors indirectly influence respiration rates
through meteorological or biological factors [60]. Moreover, scaling up based on measurements of the
stem respiration rate and sapwood volume may underestimate total stem respiration rates because
younger woody tissues have higher respiration rates [38]. Future studies are required to develop a
more accurate scaling-up scheme.

In general, CWD has high ecological relevance, contributes significantly to crucial ecological
processes in forest ecosystems, and plays an essential role in carbon pools [61]. Furthermore, CWD
respiration as a component of ecosystem respiration is essential to determining a forest’s carbon
budget [62]. However, few studies of CWD respiration have been conducted in most forest types [63].
In particular, quantification of the contribution of CWD respiration to total ecosystem respiration in the
Qinling Mountains has not been previously conducted. Our study showed that the seasonality of CWD
respiration was mainly driven by the CWD temperature and showed an overall bell-shaped curve for
all five decay classes. This conclusion is corroborated by previous studies [64,65]. The Q10 ranged from
1.7 to 4.1 for different decay classes in various ecosystems [62,65], and our result fell within this range.
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Moreover, Wu et al. reported that the Q10 value ranged from 2.41 to 2.95 in the Changbai Mountains
of China [66]. In a montane moist evergreen broadleaf forest of China, the Q10 value ranged from
1.73 to 2.08 [67]. Furthermore, the Q10 value was significantly affected by the temperature ranges.
For example, the Q10 value was 4.1 for 5–20 ◦C and 1.7 for 20–42 ◦C in a boreal black spruce forest in
Canada [65].

CWD respiration is a complex process that depends on many factors, including tree species,
temperature, moisture, substrate quality, diameter class, and decomposer type [68,69]. According to
our study, the annual CWD respiration was much lower than that in an old-growth Amazonian forest
(171.8 g·C·m−2·y−1) [70], which may be mainly caused by the reduced CWD biomass at our site.
Meanwhile, the annual CWD respiration was slightly lower than that in an old-growth hardwood
forest (43 g·C·m−2·y−1) and a hemlock forest (29 g·C·m−2·y−1) in the USA [16]. The reason for higher
annual CWD respiration in hardwood and hemlock forests may be the surface area of CWD for
upscaling [16]. In our study, we quantified the CWD into five decay classes. The CWD respiration rates
measured per unit volume might underestimate the CWD respiration rates, whereas CWD respiration
rates measured per unit surface area might overestimate the CWD respiration rates. A large log may
have large volume but smaller surface area than many small logs. As such, the conversion of CWD
respiration rates measured per unit area to rates per unit volume might be more appropriate to CWD
respiration in this forest. Moreover, to upscale chamber measurements of CWD respiration to the
stand level, the volume was more convenient and accurate than the surface area. Measuring the CWD
respiration accurately is important for estimating forest ecosystem respiration. Thus, further research
should be done by using the surface area or volume of CWD for upscaling. In addition, future studies
are necessary to measure CWD respiration in different diameter classes.

Daily mean ecosystem respiration measured from eddy covariance and chamber methods was
shown in Figure 7. The eddy covariance (y) and chamber (x) methods were in better agreement
after adjusting the CO2 flux in this forest using the equation y = 0.91132x − 0.00577 (Figure 7).
The comparisons between chamber and eddy covariance ecosystem respiration measurements were
more consistent than in other studies [71,72]. Our result showed that the daily mean ecosystem
respiration upscaled from chamber measurements agreed well with eddy covariance measurements,
with R2 = 0.93, which was similar to that of an old-growth forest in the Great Lakes region of the
USA [16], with R2 = 0.96, although some studies suggested that the result from chamber measurements
was higher than that from eddy covariance measurements [37,73].

An annual average ecosystem respiration of 780.37 ± 82.18 g·C·m−2·y−1 was calculated from
eddy covariance measurements. Based on chamber measurements, the corresponding value was
814.47 ± 64.22 g·C·m−2·y−1. Our result is very close to that in a boreal black spruce forest in
Canada, which had a range of 790–890 g·C·m−2·y−1 [74]. However, ecosystem respiration from
our site was much lower than that from old-growth Amazon tropical forests, with an estimate of
2337.6 g·C·m−2·y−1 [75]. Higher temperatures, longer growing seasons, and higher photosynthesis
and growth rates in tropical forests may explain the higher respiration than that from our temperate
coniferous forests.

Our study found that the annual average ecosystem respiration measured by the chamber
method was 5% higher than that measured by the eddy covariance. The error sources for explaining
this discrepancy are complicated. Firstly, chambers may disturb the environment and alter CO2

concentrations, as well as pressure gradients, turbulent fluctuations, and air flow. Thus, they may
interfere with the production and transport of CO2 [26]. Closed chambers completely cover the
ecosystem during the measurement process and thereby alter the natural long-wave radiation balance
to almost zero. This causes reduced surface cooling, weak development of stable stratification,
and, finally, higher respiration than those obtained via eddy covariance measurements [76].
Secondly, our annual average ecosystem respiration estimates based on chamber measurements
may have uncertainties. One possible source of uncertainty is in the method of extrapolating a
temperature-respiration relationship to the winter. Under a 95% confidence interval, the uncertainties

17



Forests 2018, 9, 67

in predicting daily mean soil respiration, CWD respiration, stem respiration, and leaf respiration
averaged 10%, 8%, 12%, and 14%, respectively, of the predicted values. The uncertainties may also
derive from the estimation of CWD and stem volumes, the dry leaf biomass, and the chamber upscaling
processes. Thirdly, nocturnal eddy covariance measurements with low friction velocity, extrapolation
of nighttime respiration to daytime respiration may underestimate the ecosystem respiration by
the eddy covariance method. Annual NEE estimates were as high as −336.71 ± 25.15 g·C·m−2·y−1

from biometric measurements but −288.33 ± 25.26 g·C·m−2·y−1 from eddy covariance measurements.
Our results revealed that this site was a carbon sink, which was consistent with the findings of
Zhou et al. [11]; they found that a carbon sink in a L. principis-rupprechtii forest in China was
−271 g·C·m−2·y−1. Meanwhile, our estimations of NEE fall well within the range reported between
−70 and −740 g·C·m−2·y−1 for temperate forests [15,77].

Our study found that the NEE measured by the eddy covariance method was 14% higher than
that measured by the biometric, which is consistent with Wang et al. [26]. However, our study
showed that the discrepancy was lower than that of Wang et al. (22.5%), and the mean difference
(48.38 ± 9.67 g·C·m−2·y−1) was also lower than that of temperate forests (100 g·C·m−2·y−1) [78],
which indicated that these two methods had good agreement in measuring the NEE in this forest.
However, there was still a discrepancy between the biometric and eddy covariance measurements,
which may be due to the complicated error sources.

The error in the result from both biometric and eddy covariance was associated with sampling
methods of flux measurement [30]. Ehman et al. concluded that the largest error source in the biometric
method may be attributable to sampling (that is, inter-plot variability) [79]. All natural ecosystems
are heterogeneous at some scale, and so the question arises whether estimation of fluxes based on a
limited number of samples represents the average of the total ecosystem. In our study, the sampling
error included estimating the NPP for sampling the trees, shrubs, herbs, fine roots, and litterfall.
Additionally, we used soil collars to measure RS and RR and sampled the CWD to measure RCWD,
which all may produce the sampling error. In addition, Ohtsuka et al. considered that the topography
may introduce sampling errors when estimating the NEE based on the eddy covariance method [30].

Another error was more likely to be related to estimation of NPP. Although Ohtsuka et al. deemed
annual forest census within a large permanent plot and adequate number of litter traps for detritus
production to be the most suitable method for measuring NPP [30], there were still some uncertainties.
One possible uncertainty was derived from the biomass regression model. Under a 95% confidence
interval, the uncertainties in predicting tree and shrub biomass averaged 8% and 14%, respectively,
of the predicted values. Clark et al. considered that using off-site allometric equations could alter
NPP by as much as 20% [80]. Also, these allometric relationships do not take into account seasonal
changes in wood C concentration that may occur. Our study showed that the carbon content ratio
values were diverse among varying plant species and different organs in the same plant (Table S9).
However, many researchers used 50% as the carbon content ratio [81,82], which would overestimate
the NPP by 7.4% in this forest. Dtotal is an important component of NPP; a study by Curtis et al.
revealed that the detritus made up nearly two-thirds of the annual C production [77]. However, in
our study, we found the Dtotal accounted for less than a quarter of NPP. CWD as a part of Dtotal can be
difficult to measure precisely due to the heterogeneous distribution of forest floor detritus [79,80,83],
which was the largest source of uncertainty in the estimation of NPP. However, we have adequately
quantified annual variability in CWD production according to the annual forest census. Moreover,
underestimation could have been caused by minor NPP components typically neglected (for example,
root exudation, net accumulation of non-structural carbohydrates, herbivory consumption, production
of volatile organic compounds [78,80]), which in general contribute between 1% and 4% of NPP [84].
In addition, Ohtsuka et al. considered that the estimation of RCWD represented a critical source of
potential error [30]; few studies have measured the RCWD. Ehman et al. reported the RCWD was 7% of
RS [79], but this proportion was only 2% in our study. We quantified the CWD into five decay classes to
obtain more accurate measurements of RCWD. However, the respirations of CWD at different diameter
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classes and fine woody debris (1 cm ≤ diameter < 10 cm) were not measured, which may result in a
lower observed RCWD at this site.

The permanent plot was protected by an enclosure, and this site was level (a mean slope of 5◦),
and the overstory and understory of the forest were homogeneous, which are ideal conditions for
measuring the NEE using the eddy covariance method in this forest. However, there were still error
sources for measuring the NEE based on eddy covariance measurements. In our study, these eddy
covariance error sources mainly include a double-directional interpolation model of artificial neural
networks (ANNs) to fill the gaps, nocturnal low friction velocity, and the extrapolation of nighttime
respiration from the eddy covariance measurements to daytime respiration.

5. Conclusions

This paper presents the first set of results (2010–2013) from a long-term project measuring
forest-atmosphere CO2 exchanges using eddy covariance and biometric methods simultaneously
in a L. principis-rupprechtii forest. In our study, temperature was the primary controlling factor for
respiration in this forest. Exponential functions explained most of the observed temporal variations
in respiration in response to temperature. Based on the chamber upscale processes, we obtained
the cumulative annual ecosystem respiration (814.47 ± 64.22 g·C·m−2·y−1), but this number was
5% higher than that from the eddy covariance measurements. We considered this small discrepancy
to have arisen mainly because the respiration of CWD at different diameter classes and fine woody
debris (1 cm ≤ diameter < 10 cm) was not measured due to the possible uncertainty in the method of
extrapolating a temperature-respiration relationship to the winter and due to the uncertainties in the
estimation of CWD and stem volumes, dry leaf biomass, and the chamber upscale processes.

Using measurements of the NPP (817.17 ± 81.48 g·C·m−2·y−1) combined with the heterotrophic
respiration based on the chamber method (480.45 ± 52.24 g·C·m−2·y−1), we obtained the NEE
(−336.71 ± 25.15 g·C·m−2·y−1) in this forest. This result was close to that from eddy covariance
measurements (−288.33 ± 25.26 g·C·m−2·y−1), which indicated that these two methods had good
agreement in measuring the NEE in this forest. In our study, we calibrated the instruments periodically,
repeatedly measured a variety of respiration components for 4 years, reduced the disturbance of
chamber measurements, quantified the CWD into five decay classes, and measured the carbon content
ratio of various components, all of which can enhance the consistency of the eddy covariance and
the biometric fluxes. However, there was still a 14% discrepancy between the biometric and eddy
covariance measurements, which may be due to the complicated error sources. Thus, more detailed
experiments and related theoretical studies are needed in the future.

Supplementary Materials: The following are available online at http://www.mdpi.com/1999-4907/9/2/67/s1,
Figure S1: Some photos of L. principis-rupprechtii forest and flux tower in this region, Table S1: The regression
model of biomass, volume, and height of L. principis-rupprechtii, Table S2: The regression model of shrub biomass
in the L. principis-rupprechtii forest, Table S3: CWD characteristics of different decay classes in forest system, Figure
S2: The relationship between temperature of different CWD decay classes and 10 cm soil temperature, Figure S3:
The relationship between air temperature and stem temperature, Figure S4: Daily mean air temperature and 10 cm
soil temperature in the L. principis-rupprechtii forest during 2010–2013, Figure S5: Daily mean photosynthetically
active radiation in the L. principis-rupprechtii forest during 2010–2013, Table S4: Average carbon content ratio
of litterfall and various organs of trees, shrubs, and herbs in the L. principis-rupprechtii forest (%), Figure S6:
The relationship between ecosystem respiration based on eddy covariance measurement and air temperature.
Data shown are daily means during 2010–2013.
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Abstract: Carbon storage of mountain forests is vulnerable to climate change but the changes in
carbon flux through time are poorly understood. Moreover, the relative contributions to carbon flux of
drivers such as climate and atmospheric CO2 still have significant uncertainties. We used the dynamic
model LPJ-GUESS with climate data from twelve meteorological stations in the Qilian Mountains,
China to simulate changes in carbon mass of a montane boreal forest, and the influence of temperature,
precipitation, and CO2 concentration from 1964 to 2013 on carbon flux. The results showed that
the carbon mass has increased 1.202 kg/m2 from 1964 to 2013, and net primary productivity (NPP)
ranged from 0.997 to 1.122 kg/m2/year. We concluded that the highest carbon mass proportion
for this montane boreal forest was at altitudes 2700–3100 m (proportion of ecosystem carbon was
between 93–97%), with maximum carbon density observed at 2700–2900 m. In the last 50 years,
the increase in precipitation and in CO2 concentration is expected to increase carbon mass and NPP
of Picea crassifolia Kom. (Pinaceae) (Qinghai spruce). The effect of temperature on NPP was positive
but that on carbon mass was not clear. The increase in CO2 concentration over the past 50 years was
a major contributor to the increase in carbon storage, and drought was the foremost limiting factor
in carbon storage capacity of this montane boreal forest. Picea crassifolia forest was vulnerable to
climate change. Further studies need to focus on the impact of extreme weather, especially drought,
on carbon storage in Picea crassifolia forests.

Keywords: carbon mass; NPP; Picea crassifolia; climate change

1. Introduction

Climate change influences the carbon and water cycles in mountain areas [1]. Forests in mountain
areas provide important ecological and socio-economic services; however, carbon storage is vulnerable
to the effects of climate change and may decrease its ecological service function over time [2,3].
Research on the response of mountain ecosystems, especially of alpine forests and tree species,
to climate change, is lacking [1,2]. Additionally, the impacts of climate change on montane forests
are examined distinctively with dendroclimatic techniques [2–4]. High mountain boreal forests,
which have numerous organic pools stored aboveground and in the permafrost, play an important
role in regional carbon budgets and are exposed to rapid climate change; however, research on carbon
pools at high elevations and controls on carbon flux through time lag behind [5,6] due primarily to
insufficient data [7]. Ecosystem models are useful tools for describing and quantifying water, matter,
and momentum fluxes between the biosphere and the atmosphere [8]. Using biomass models to
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obtain mass data can facilitate simulation of forest carbon dynamics in areas where such data are
lacking, while analyses of the montane boreal forest biome will improve the accuracy of global carbon
models [3].

Climate change is primarily related to changes since the 1950s in solar radiation, temperature,
and precipitation that have not been observed before [9]. Climate change and related disturbances
may substantially impact the species ranges, population sizes, and extinction risks in mountain forests,
and even shift the carbon sink activity of a forest to a net carbon source [10–12]. In a simulation of a
species distribution in Mediterranean mountains, the cold-adapted species decreased in significance,
and the species range and communities changed under global warming [13]. Extreme climates may
change plant intrinsic characteristics and increase the possibility of mountain ecosystem shifts from
forest to shrubland or grassland [14]. These climate change-induced species conversions will result in
a long-term loss of carbon stock in mountain forest ecosystems [15]. One stark example of this was
observed with mountain pine beetle in western North America; this insect outbreak, caused by climate
change, compromised the ability of forests to take up and store carbon [12].

The response of mountain forests to climate change depends heavily on relative changes in
temperature, precipitation, CO2, and their interaction effect [10]; the relative contributions of individual
historical drivers can be assessed by high-resolution climate data and modeling [16,17]. Sensitivity
analyses of climate factors focused on tropical and temperate areas. However, analyses of the driving
factors of carbon storage changes in recent years at high latitudes and in high elevation areas are
still lacking [18]. The sensitivity to climate change of carbon storage in mountain forests is based
on initial climatic variability; thus, increased mean annual temperature at high elevations results
in sensitivity of tree growth and changes in forest productivity [3]. Examined by three ecological
models (LPJ-GUESS, ForClim, LandClim), carbon storage across all elevations revealed a lower
sensitivity than other ecosystem services to a 2 ◦C warming [19]. However, under the influence
of global warming, mountain forests at high altitudes exhibited positive growth, whereas drought
stress led to a negative effect on carbon mass at lower altitudes [4]. The impacts of climate change on
mountain forests were also closely related to the frequency and intensity of extreme weather, especially
precipitation-related events [5]. Extreme warming events may influence mountain boreal plant activity,
plant litter production, soil moisture, and insect life cycles, while extreme weather events such as
precipitation extremes and severe storms may lead to damage and may influence the recovery capacity
of mountain boreal forest ecosystems [6]. Uncertainties exist as to the main climatic controls on carbon
changes in long-term simulations of carbon mass in mountain forests [9,10]. Investigating carbon flux
sensitivity to climate change will reduce the uncertainty of the past factors of climate change and help
guide forest management. For a better understanding of the effects of climate change on boreal forests,
it is necessary to quantify the driving parameters of carbon changes in boreal forests during the last
50 years.

The Qilian Mountains, located in the northwestern part of China at the north-eastern edge of
the Tibetan Plateau, are typical arid mountains, and the source of key inland rivers; these mountains
are sensitive to climate change [20]. The average temperature rise is 80% higher than the national
rate (0.14 ◦C/10a), and extreme climate and precipitation events occurred more frequently here in the
past 50 years than in other parts of China [21]. Under climate change, environmental degradation,
soil erosion, and loss of biodiversity have increased, and vegetation cover and growth in the Qilian
Mountains have changed significantly in recent years [22]. Montane Boreal forest is the dominant
forest type, and it plays important roles in the hydrology and biogeochemistry of the area due to high
altitudes (2000–5500 m) and minimal human-induced ecological deterioration [23]. Between 1957
and 2007, temperature increased by 0.29 ◦C/10a and precipitation by 5.5 mm/10a, resulting in a shift
of the tree line of the montane boreal forest in this area to higher elevations [24]. Simple regression
models of phenological dynamics in this montane boreal forest revealed that the length of the growing
season can be expected to increase during the next two decades [25]. This prompted new research
efforts to determine the relationships between montane boreal forest carbon dynamics and climate
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change. Ecosystem stability of the montane boreal forest in the Qilian Mountains supports downstream
economy and production because the forest serves as the most important water conservation entity in
the area. Better understanding of the role of climate and atmospheric CO2 in determining carbon flux
in this montane boreal forest, and the relationship between the NPP and biomass is critical for guiding
ecology policy to optimize carbon storage.

To address this knowledge need, we used climate and CO2 concentration data to reconstruct
carbon storage in living biomass for the montane boreal forest in the Qilian Mountains, China from
1964–2013. With this, we examined the carbon stock in this forest type at different elevations and
its carbon flows during the last 50 years. Subsequently, we used the LPJ-GUESS model to explore
the sensitivity of forest carbon stocks in this region to temperature, precipitation, CO2, and extreme
conditions to determine the main past factor controlling the change in carbon flux in the last 50 years.

2. Materials and Models

2.1. Area Description and Data Collection

The Qilian Mountains are one of the major arid mountain ranges in northwestern China, located
in the northeastern Tibetan Plateau, between 93◦33′36′′–103◦54′00′′ E and 35◦50′24′′–40◦01′12′′ N.
The distribution of vegetation is strongly controlled by altitude and can be separated into five types
(from low to high altitude): desert steppe, forest steppe, sub-alpine shrubby meadow, alpine cold
desert, and ice/snow zone. In the forest steppe, the montane boreal forest is located at high altitudes
where the level of human impact is low [26]. The dominant boreal species, Picea crassifolia, grows on
shady and partly-shady north slopes at altitudes ranging from 2600 to 3400 m, and accounts for as
much as 76% of the total forested area in the forest steppe zone [27]. In total, twelve sampling sites
were selected across an elevation gradient from 2300–3500 m at intervals of 200 m to analyze the carbon
change of montane boreal forest by altitude.

We selected twelve meteorological stations located within the tree-growing areas to extract the
climate parameters (Figure 1). In an earlier study of the spatial distribution of Picea crassifolia biomass
and carbon storage in the Qilian Mountains, the average carbon content was calculated as 0.52 [28];
this was similar to the results based on a synthesis of carbon contents for temperate and boreal conifer
wood (n = 36) of 50.8 ± 0.6% [29]. In this study, we used a carbon content of 0.52 for Picea crassifolia.

Figure 1. Study area and locations of meteorological stations used in the study in the Qilian Mountains.
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The climate data, including mean monthly temperature, monthly precipitation, mean monthly
daily proportion of sunshine hours, and monthly rainy days, were obtained from the climate data
repository of Chinese meteorological stations (http://data.cma.cn/site/index.html), and of Qinghai
Province (Table 1). Atmospheric CO2 concentrations for 1964–2013 were derived from the atmospheric
carbon dioxide mixing ratios from NOAA (National Oceanic and Atmospheric Administration)
ESRL (Earth System Research Laboratory) Carbon Cycle Cooperative Global Air Sampling Network
(http://www.esrl.noaa.gov/gmd/ccgg/mbl/data.php).

Table 1. Site information.

Groups Name Level Longitude (◦) Latitude (◦) Altitude (m)

2300–2500 m
Xining Provincial-Qinghai 101.45 36.44 2295
Huzhu Provincial-Qinghai 101.57 36.49 2480

2500–2700 m
Datong Provincial-Qinghai 101.67 36.92 2587

Huangzhong Provincial-Qinghai 101.35 36.3 2668

2700–2900 m
Qilian National-China 100.25 38.18 2787

Hualong Provincial-Qinghai 102.15 36.06 2835
Menyuan National-China 101.62 37.38 2850

2900–3100 m Wushaoling National-China 102.52 37.12 3045

3100–3300 m
Dachaidan National-China 95.37 37.85 3173
Yeniugou National-China 99.58 38.42 3180

3300–3500 m
Gangcha National-China 100.13 37.33 3302

Tuole National-China 98.42 38.8 3367

2.2. The LPJ-GUESS Model

LPJ-GUESS is a validated vegetation carbon dynamics model [30]. The basic use of the model is
to simulate carbon balance of different tree species and to predict changes in carbon pools and fluxes
under global climate change [31,32]. A LPJ-GUESS simulation of the spatial and temporal patterns of
carbon fluxes associated with regrowth after agricultural abandonment indicated that semi-arid regions,
where carbon balance was strongly associated with both precipitation and temperature, were key
to the understanding and predicting of the global carbon cycle [33]. Further, changes in the spatial
patterns of wildfires, estimated by LPJ-GUESS, were critical to the proposal for a more reasonable
climate policy [34]. The model can simulate and predict the responses of plant water fluxes to elevated
CO2 at leaf and stand scales [35]. In addition to natural vegetation, agricultural crop production and
crop responses to climate change were analyzed in an effort to increase food security [36]. In China,
the model has been applied in subtropical, temperate, and mountain zones [37–39], and to the entire
country [40]. Carbon simulation by LPJ-GUESS using an individual climate factor demonstrated
carbon release by management, and CO2 as the most important driver for carbon change in Lady Park
Wood in the last 20 years [16].

Plant functional types (PFTs), which can simplify species diversity of vegetation, represent groups
of species with similar functional traits. Among forest carbon dynamics simulation models, both,
the individual-based model GUESS (General Ecosystem Simulator) [30], and the area-based dynamic
global vegetation model LPJ (Lund-Potsdam-Jena) [41], can be successful in predicting the carbon flux
of PFTs. Subsequently, a new vegetation dynamics model, LPJ-GUESS, was developed by combining
the two other models [30].

Two model frameworks exist, the cohort and population. We employed the “cohort mode” in
this study. In the “cohort mode”, individual trees are distinguished, but are identical within each
cohort (age class) [30]. Population processes and disturbances are modeled stochastically, and stand
characteristics are averaged over 100 patches of 0.1 ha, representing “random samples” of the simulated
stand. The model is driven by short-wave radiation (photosynthetically active light), temperature,
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precipitation, CO2 concentration of the air, and soil conditions. The CO2 influences assimilation
rate, and soil conditions modify plant water uptake; soil data are already provided in the model.
Species information includes the physiological characteristics of PFTs, such as prescribed allometric
relationships. Based on physiology, morphology, phenology, and on the response to disturbance
and to bio-climatic limiting factors, the model defines ten PFTs, of which 8 are woody, and two are
herbaceous [42]. We used the full set of PFTs and added a new PFT for Picea crassifolia to reproduce the
current stage of the vegetation.

2.3. Model Forcing and Simulation Protocol

The simulation normally follows two or three phases and begins with “bare ground”, which means
that the modelled area is bare, with no vegetation present. The first phase of the simulation is known
as the “spin-up”; in this phase, input data are normally based on the first few years of available
(historical) data. During the subsequent, “historical” phase, the model uses “observed” climate and
CO2 data as input. We chose two phases, “spin-up” and “historical” to run the model for the last
fifty years. Climate data for an initial 300-year “spin-up” phase were not available; such “spin-up”
equilibrates the initial vegetation and carbon pools with climate at the beginning of the study period.
The model was first “spun-up” for 300 years, recycling the observed time series from 1964–1993 [30,43].
The “historical” period then ran from 1964 to 2013; the simulation time interval for the LPJ-GUESS
model is five years.

In a study to investigate the ability of LPJ-GUESS to reproduce features of real vegetation,
the model was demonstrated to not require site-specific calibration and could be used to simulate
vegetation dynamics on a regional basis or under past or future climates and atmospheric CO2 levels
for reparameterization becauase plant growth is modeled mechanistically [31]. Many of the parameters
of species are decided by its PFTs, such as whether it is needle-leaved or broad-leaved; or whether
it is boreal or temperate species. The species-specific parameters such as tree longevity are defined
in the article. We referred to the relevant parameters for the boreal forest to define the parameters of
Picea crassifolia [31,44]. We specified the mean length of the life of foliage at 11.8 years, as determined
in a field investigation [45], and tree longevity at 250 years, as described in the literature [46]. Data
used for biomass calculations for the Qilian Mountains were obtained from the literature [28,47–49]
and were used to verify the accuracy of those that were calculated.

2.4. Sensitivity Analysis of Temperature, CO2, and Extreme Whether

Sensitivity analysis is an important aspect of evaluating the resilience of ecosystems to climate
change and can be combined with models to measure the effect of changing input parameters
under some climate scenarios and extreme weather conditions [50,51]. Based on the simulation
of LPJ-GUESS, further research was conducted to determine the relative effect of climate variables
and CO2 concentration on the carbon flux of montane boreal forests in Qilian Mountains for the
period 1964–2013.

The temperature increased during the simulation period, but this trend could not be fit by a linear
model. Further, the trend in precipitation was not clear. Thus, we first examined the climate effect by
simulating the temperature, precipitation, and CO2 independently of each other. Using these climate
simulations as a baseline, the uncertainties of these parameters were then compared. The influence of
the temperature was observed for an increase or decrease of 1 and 2 ◦C; precipitation was changed
multiplicatively, because it is a zero-based variable, by increasing or decreasing by 10% and 20%.
The influence of CO2 was examined by removing its trend and increasing the value by 50 ppm and
100 ppm.

Because the climate variables are strongly related to each other, a comparison of the effects of
climate change on carbon flux based on changing a single parameter in the data was incomplete [6,16].
Hence, to preserve the relationship of temperature, precipitation, and radiation, we represented
extreme weather as follows to determine the impact of climate factors on carbon mass. Local weather

29



Forests 2018, 9, 57

in the study area was ranked in terms of temperature or precipitation levels (annual mean temperature
from April to October, and annual mean precipitation from May to September), and the top five
warmest, coldest, wettest, and driest years; these were then cycled through the model repeatedly to
simulate an extreme climate.

3. Results

3.1. Changes in Carbon Mass with Altitude

The monthly mean temperature and precipitation in the simulated period followed normal
distribution. Warm periods were concentrated in April to October, and high precipitation was
concentrated in May to September; almost all of the stations exhibited the same trends. Mean annual
temperature at the twelve stations increased by 0.29–3.69 ◦C between 1964 and 2013, with an average
increase of 0.73 ◦C/10a. Differences in annual precipitation among altitudes were not apparent.

Carbon stocks of the montane boreal forest were concentrated at 2700–3100 m and exhibited a
single peak of 11.787 kg/m2 at 2700–2900 m in 2013, with the average carbon mass at 2700–3100 m
of 10.503 kg/m2. The calculation of the biomass of Picea crassifolia was different for the different
measurement methods and research areas, but the results of our simulation were within the range of
other studies (Table 2). The proportion of montane boreal forest was >28% at all altitudes. Specifically,
montane boreal forest accounted for 30% at 2300 to 2700 m, increasing to 93% at 2700–2900 m and 97%
at 2900–3100 m, declining to 37%, and again reaching 49% at 3300–3500 m (Figure 2). The carbon stored
in the ecosystem at 2300–2700 m was 7.068–7.591 kg·C/m2, declining to about 0.242–0.645 kg·C/m2 at
3100–3500 m.

Table 2. Carbon mass calculations for Picea crassifolia in the literature.

Method Research Area Carbon Mass Sources

LPJ-GUESS Qilian Mountains 10.924 (kg/m2) This study

Sample measured Sunan County 28.250 (kg/m2) [48]

Sample measured Qilian Mountains 20.920 (kg/m2) [28]

Vegetation survey and
Tree-ring research Pailugou Watershed 12.861 (kg/m2)

[49]Sample measured Haxi forest farm 13.290 (kg/m2)

Model simulation Qilian Mountains 16.980 (kg/m2)

Sample measured north-eastern edge
Qilian Mountains 8.270(kg/m2) [47]

Figure 2. Carbon mass proportion at different elevations for twelve meteorological stations. Data are
the means of simulated values for each range in elevation.
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We investigated the NEE (Net ecosystem exchange) and carbon mass change in the mountain
boreal forest ecosystem (at 2700–3100 m where the boreal forest accounted for the largest carbon mass)
(Figure 3). In the model, a positive value of NEE indicated that the ecosystem was a carbon source,
while a negative value indicated a carbon sink. Boreal forest was a carbon sink before the 1980s; sink
strength at elevation 2700–2900 m declined, until the sink activity became a carbon source after 1980,
and it became a relatively strong source in the 1990s. However, the strength of the carbon source
weakened and the forest ecosystem at 2900–3100 m became a carbon sink again after the year 2000.
We analysed the change in carbon mass during 1964–2013 and found the there was an upward trend
for this montane boreal forest. The biomass of Picea crassifolia forest below 3100 m decreased in the
study period, with the greatest decline of 2.595 kg/m2 at 2700–3100 m, and least of 0.125 kg/m2 at
2300–2500 m. The carbon mass increased by 0.035 kg/m2 at 3100–3300 m, and by 0.256 kg/m2 at
3300–3500 m. As the NEE indicated, the decreasing trend of carbon mass for montane boreal forest at
2700–2900 m stabilized in the 2000s and even exhibited a slight increase; carbon mass at 2900–3100 m
was stable before the 1990s, and increased after that.

 
Figure 3. The carbon flows change in montane boreal forest ecosystem from 1964–2013. kg/m2/a: kg/m2/year.

3.2. The Sensitivity Analysis of Carbon Mass of Montane Boreal Forest to Climate Variables and CO2

The simulation showed that the carbon carrying capacity of Picea crassifolia increased in the
study period, given no changes to any variable. Mean carbon mass increased by 1.202 kg/m2 from
1964–2013, and the 5-year (simulation time interval for the LPJ-GUESS model) mean NPP increased by
0.023 kg/m2/year to between 0.997 and 1.122 kg/m2/year in the simulation period. Subsequently,
each of the climatic variables was changed one at a time.

Following a change in temperature, the trend in NPP did not change, but the NPP value was
higher than before (Figure 4). The effect of lower temperature on NPP was greater than that of
higher temperature. When the temperature increased by 1 ◦C, 5-year mean NPP increased by
0.090 kg/m2/year; when the temperature increased by 2 ◦C, mean NPP increased by 0.148 kg/m2/year
per five years. When the temperature decreased by 1 ◦C, mean NPP decreased 0.113 kg/m2/year per
five years; when the temperature decreased by 2 ◦C, mean NPP decreased by 0.292 kg/m2/year per
five years. However, the change in carbon stocks was not consistent with NPP when the temperature
changed; increased or decreased temperature appeared to suppress carbon stocks of the montane
boreal forest. Mean carbon stock decreased between 1964–2013 by 0.768 kg/m2 per five years; the
increments decreased from 12.37% to 6.32% as the temperature increased by 1 ◦C. As the temperature
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increased by 2 ◦C, mean carbon stock decreased by 0.893 kg/m2 per five years, and carbon mass was
reduced by 8.24%. With the temperature decrease of 1 ◦C, carbon stock increased by 0.026 kg/m2 per
five years and the increments increased to 13.28%. With the temperature decrease of 2 ◦C, mean carbon
stock decreased by 1.307 kg/m2 per five years, and carbon mass decreased by 10.11% during the last
50 years.

 

Figure 4. LPJ-GUESS output showing the effects on stored carbon (top panel) and NPP (bottom panel)
of changing the temperature only. Temperature was modified by adding or subtracting 1 (or 2) ◦C
to each daily climate value. Lines represent the means of the simulations. Temp: the abbreviation
of temperature.

The trend in NPP changed over the course of simulation following changes in precipitation
(Figure 5); the more precipitation, the higher the NPP, and the less precipitation, the lower the NPP.
The impact of reduced precipitation was greater than that of increased precipitation. A 20% increase
in precipitation resulted in a mean 5-year NPP increase of 0.024 kg/m2/year, while a 20% decrease
reduced NPP by 0.080 kg/m2/year per five years.

The changes in carbon stock were consistent with NPP. Mean carbon stocks increased 0.242 kg/m2

per five years as precipitation increased by 10%, and 1.165 kg/m2 per five years as the precipitation
increased by 20%. As precipitation decreased by 10 and 20%, mean carbon stocks decreased 1.517
and 2.969 kg/m2 per five years, respectively. The increase in carbon mass resulting from increased
precipitation was 24.39%, and 24.93%, respectively, (basic value 12.37%), and carbon mass decreased
19.17%, and 34.01%, respectively, if precipitation decreased.

Mean NPP decreased when the CO2 concentration remained unchanged (de-trended) and
increased when the CO2 concentration increased (Figure 6). Carbon mass decreased when the
CO2 concentration remained unchanged, but it increased as the CO2 concentration levels rose.
Overall, the CO2 concentration had an increasingly positive effect as atmospheric levels rose. Carbon
mass decreased by 0.240 kg/m2 for the simulation years if CO2 concentrations did not increase

32



Forests 2018, 9, 57

after 1964. Mean carbon storage increased by 0.746 and 0.866 kg/m2 per five years for CO2

concentration increases of 50 and 100 ppm. De-trended CO2 supressed carbon mass by about 2.45%,
and increased CO2 promoted carbon storage from 12.37% to 18.98%, and to 24.74% in response to 50
and 100 ppm, respectively.

Figure 5. LPJ-GUESS output showing the effects on stored carbon (top panel) and NPP (bottom panel)
of changing precipitation only. Precipitation was changed multiplicatively because it is a zero-based
variable. Lines represent the means of the simulations. Prec: the abbreviation of precipitation.

Figure 6. LPJ-GUESS output showing the effect on stored carbon (top panel) and NPP (bottom panel)
of changing CO2 concertration only. CO2 concertration was de-trended by using 1964 levels throughout
and was modified by adding values to each year value. Lines represent the means of simulations.
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Indeed, in the simulation period, the NPP and carbon mass of the montane boreal forest increased.
Combined with the analysis of single-factor changes, carbon stocks decreased as temperature rose but
increased as CO2 concentration increased. The actual temperature increased in the study area from
1964 to 2013, precipitation fluctuated, and CO2 concentration increased, and the positive effect of CO2

concentration contributed more to the carbon stocks than the negative effect of temperature.

3.3. The Sensitivity Analysis of Carbon Mass of Montane Boreal Forest to Extreme Weather

We analyzed the extremes in weather events from 1964–2013 in stations we chose by ranking
the mean value of heat and water in concentration months (annual mean temperature from April to
October, and annual mean precipitation from May to September) of each year.

Under warm and wet conditions, NPP increased, and under warm conditions alone, NPP
increased more (Figure 7). Under cold and dry conditions, NPP decreased, and it decreased further
under dry conditions alone. However, the living biomass was greatly suppressed under dry conditions
alone and decreased by 42% compared to the no-change simulation; mean decrease in NPP was
1.816 kg/m2 per five years. Under the other three conditions, biomass production performed better
than under the actual climate. Biomass production increased (10% at the end of period) most notably
under wet conditions, with a mean increase of 1.085 kg/m2 per five years.

Figure 7. LPJ-GUESS output showing the effects of extreme weather conditions on stored carbon
(top panel) and NPP (bottom panel). Local weather data were used to determine the most extreme
high /low temperature and high/low rainfall from a 5-year period.
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4. Discussion

4.1. Model Applicability and Carbon Mass at Different Altitudes

Our LPJ-GUESS model simulation showed that the main distribution of Picea crassifolia in the
Qilian Mountains was at 2700 to 3100 m, and the average carbon storage was 10.503 kg/m2, with a
maximum of 11.787 kg/m2. The biomass pools at elevations 2300–2700 m contained more carbon than
those at 3100–3500 m for the different dominant species.

The vertical distribution pattern of Picea crassifolia influenced the distribution of carbon density
and NPP. Altitude was a dominant factor influencing the soil organic carbon concentration and
community pattern of Picea crassifolia [52]; further, altitude exerted a strong influence on the growth
of Picea crassifolia by affecting the microclimate, including air temperature and humidity, and soil
moisture [24]. Trees were low and forest density was often low at low altitudes, increasing gradually at
mid-altitudes, and exhibiting a pattern of isolated trees or scattered patches at the upper growth
limit [53]. The most suitable conditions for the growth of Picea crassifolia forest were observed
between 2800 and 2900 m [49], with grassland between 3000 to 3700 m [54]. Density and basal
area of Picea crassifolia were also higher between 2650 to 3100 m than at other altitudes, and beyond
3100 m, the density decreased with an increase in altitude [55].

Evergreen conifers in cold and high-altitude zones of the montane boreal forest have lower carbon
biomass due to low photosynthesis and respiration rates than that in warmer habitats [56]. Carbon
mass in the biomass pools examined in this study, i.e., 5.462 kg·C/m2, was similar to the estimate for
northern montane boreal forests ranging from 4.2 to 5.3 kg·C/m2 [47]. The focus of current research in
the Qilian Mountains is on the main tree species, Picea crassifolia, but results are not uniform. Initial
surveys at the Sidalong forest farm on the Qilian Mountain showed that Picea crassifolia biomass was
about 24.298 kg/m2 (Chang et al., 1995). Recently, the aboveground carbon stocks of Picea crassifolia
at the north-eastern edge of Qilian Mountains were calculated as 4.3 kg/C·m2 [47]. The estimate of
the above-ground biomass in southern Qilian Mountains was between 0.1885 and 22.065 kg/m2 [57].
Our simulation of Picea crassifolia NPP was between 0.52–0.58 kg·C/m2/year, which is in the range of
0.3–0.7 kg·C/m2/year for boreal ecosystem productivity examined by remote sensing [58], and higher
than the mean NPP (0.38 kg·C/m2/year) of Qilian Mountains [59]. Hydrothermal conditions drove
carbon density differences in boreal forests; also, carbon density first increased, and then decreased
with stand age, with the highest value at age 183 years [28]. Thus, carbon density calculations were
different due to vertical distribution of vegetation patterns and the age of the forest in this study.

The carbon mass and NEE change in Picea crassifolia forest ecosystem we calculated revealed
that this mountain forest tended to becoming a carbon source from a carbon sink in the last 50 years;
this trend was slow and even reversed in the 2000s. The carbon mass of Picea crassifolia decreased at
low elevations and increased at high elevations, showing an upward trend in vegetation distribution,
but the highest carbon mass proportion region for the forest did not change in the study period. Similar
to other boreal forests, the mountain boreal forest also tended to become a carbon source under climate
change [60–62], but this trend in the Qilian Mountains slowed in the 2000s.

The LPJ-GUESS model has been used in a large number of studies, and its performance has been
evaluated several times. The model has also been used in China. Combined LPJ-GUESS and High
Accuracy Surface Modeling (HASM) allowed for an economical estimation of forest biomass and the
research used climate data from 735 meteorological stations in Chinese mainland from 1950–2010
and compared the results with the Seventh National Forest Resources Inventory data in China [40].
The results presented in this article indicated that the LPJ-GUESS model was suitable for these
735 meteorological stations; stations used in our study were contained in those stations. A carbon
balance calculation by LPJ-GUESS of three deciduous forests in a mountainous area near Beijing
showed that the model can be applied to a warm temperate forest in China [37]. Also, the forest
production and carbon dynamics study of Masson Pine Forest in the Jigongshan region demonstrated
that the model can simulate growth dynamics of subtropical forests [39]. Finally, the simulation
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of the carbon cycle of a Larix chinensis forest at Taibai Mountains, China, indicated the model was
suitable for analyzing vegetation characteristics in mountainous areas [38]. Similar to previous biomass
calculations (Table 2), we found that the LPJ-GUESS model was suitable for simulating carbon change
of the montane boreal forest in northwestern China. The carbon density calculated by the model is
based only on foliage, fine roots, and sapwood and heartwood; thus, the results of the model can be
expected to be lower than results of some field measurements.

4.2. The Effects of The Climate Variables on Carbon Cycling in Montane Boreal Forest

Carbon density and NPP in this montane boreal forest ecosystem were concentrated at 2700–3100
m. Mean carbon mass increased by 13.37%, with a 5-year mean of 1.202 kg/m2 from 1964 to 2013;
mean NPP increased by 0.023 kg/m2/year per five years.

In this study, NPP clearly increased as temperature increased and under warm conditions. The
effect of temperature on carbon storage was complex in this montane boreal forest. Increasing
temperature limited the storage of carbon, while decreasing temperature promoted its storage. Under
warm conditions, carbon storage increased, and if temperature decreased considerably, carbon mass
was reduced. The temperature sensitivity of biomass allocation may be an important but not obvious
regulator of the carbon cycle in the boreal forest [19,56]. With an increase in mean annual temperature,
and only a modest expected increase in precipitation, a shift in boreal forest may be observed to a
woodland/shrubland ecosystem type, which is more suited for such an environment [63]. Further, the
overall warming trend may lead to earlier seasonal plant growth; however, incomplete development
of green tissues exposed to colder environments may negatively influence tree growth and carbon
storage [6]. To the contrary, some researchers concluded that increased temperature and longer
growing seasons will increase the NPP and enhance carbon uptake of boreal forests; this response,
however, was weak in interannual variations [64]. Boreal forests store vast amounts of carbon in
soil, but the temperature effects on soils are challenging to measure. The temperature relationship
with above-ground carbon density was affected by baseline temperature such that, at mean annual
temperature <8 ◦C, the relationship was positive, and negative in regions with a mean annual
temperature >10 ◦C for mature boreal forests [65].

Precipitation is positively related to the biomass and NPP of the montane boreal forest.
Precipitation has a much greater impact on montane boreal forests than temperature; especially
in reduced precipitation and in dry environments, both biomass and NPP decreased significantly
and hindered productivity and biomass storage. Drought conditions likely affected the radial growth
of Picea crassifolia forest in Qilian Mountains in the last half-century [66]. Drought was the major
driver of the release of total original carbon, which reduced soil respiration and NPP in a large boreal
watershed [67]. Extreme drought decreases carbon assimilation and reduces the carbon sink strength
of forests [6]. Under extremely dry conditions, boreal forests may degrade to low-productivity open
woodlands [63].

In this study, the effect of CO2 concentration on the biomass and NPP of montane boreal forest was
also consistent, and the parameters were positively correlated. We showed that, if the CO2 concentration
remained at the level present 50 years ago, the ability of the montane boreal forest to produce and store
carbon would decrease. However, the capacity of forests to store carbon improved with increasing CO2

concentration, and the higher the CO2 amounts, the greater the carbon storage capacity. Although not as
pronounced as that in tropical and temperate forests, the increase in CO2 concentration led to an increase
in NPP and carbon stocks in boreal forests both at local and global scales [62,68]. A physiologically-based
forest model showed that the total NPP and the carbon storage in biomass improved under elevated
CO2 concentration due to an increase in net photosynthetic rates at leaf-level and smaller shifts in carbon
residence time [56,67]. Using combined satellite and ground observations for 1950–2011, Denos and
others (2013) demonstrated that the sequestration of atmospheric CO2 increased due to higher net CO2

uptake associated with spring and fall growth extensions in northern ecosystems. Increasing atmospheric
CO2 is expected to increase boreal forest carbon in western China [69]. A simulation by the BIOME-BGC
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model in Picea crassifolia forest showed that the effect of CO2 concentration on NPP was more significant
than that of climate change for future climate [70].

5. Conclusions

The carbon mass of montane boreal forest simulated by LPJ-GUESS was comparable, though lower
than that reported in other studies. Carbon storage was concentrated at the altitude of 2700–3100 m
in the Qilian Mountains. Within this altitudinal range, carbon storage of Picea crassifolia increased by
1.202 kg/m2 per five years, and NPP was between 0.52–0.58 kg·C/m2/year during the last 50 years.
Picea crassifolia exhibited a trend toward climbing higher in elevation and becoming a carbon source in
the last 50 years.

The boreal forest is significantly affected by climate change and has a slow recovery process.
Under steady precipitation, carbon storage increased with increasing atmospheric CO2 concentration
despite the negative effects of warming on montane boreal forest in the Qilian Mountains in the last
50 years. A lack of water is the greatest threat for carbon storage in Picea crassifolia. Under the changing
CO2 concentration and precipitation conditions, carbon mass and NPP were positively correlated.
The relationship between climate factors, CO2 concentration, extreme conditions, and carbon storage
was largely impacted by stand age, geographical location, altitude, and the environment; therefore,
further research needs to examine the drivers of interannual variability in the carbon cycle at different
scales and under different conditions of climate change.
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Abstract: We measured total soil CO2 efflux (RS) and efflux from the forest floor layers (RFF) in
red pine (Pinus resinosa Ait.) stands of different ages to examine relationships between stand age
and belowground C cycling. Soil temperature and RS were often lower in a 31-year-old stand (Y31)
than in 9-year-old (Y9), 61-year-old (Y61), or 123-year-old (Y123) stands. This pattern was most
apparent during warm summer months, but there were no consistent differences in RFF among
different-aged stands. RFF represented an average of 4–13% of total soil respiration, and forest floor
removal increased moisture content in the mineral soil. We found no evidence of an age effect on the
temperature sensitivity of RS, but respiration rates in Y61 and Y123 were less sensitive to low soil
moisture than RS in Y9 and Y31. Our results suggest that soil respiration’s sensitivity to soil moisture
may change more over the course of stand development than its sensitivity to soil temperature in red
pine, and that management activities that alter landscape-scale age distributions in red pine forests
could have significant impacts on rates of soil CO2 efflux from this forest type.

Keywords: carbon cycling; Pinus resinosa; soil respiration; stand age

1. Introduction

Soil respiration represents about 70% of ecosystem respiration in temperate forests [1,2],
and includes a combination of respiration from plant roots, mycorrhizae, and microorganisms in
the leaf litter, humus, and mineral soil. Variables such as soil temperature [3,4], soil moisture [2,5–7],
litter quality and quantity [4,8], and local stand structure [3,9] exert strong controls over soil respiration
in forests. Soil temperature and soil moisture may also covary seasonally, or show varying relationships
across sites, leading to confounded effects on soil respiration [10,11]. Changes in these variables that
occur over the course of stand development could also lead to changes in soil respiration as forests age.
Soil temperatures and moisture availability, for instance, may vary between young, open-canopied
regenerating stands and stands with a dense, closed canopy representative of the stem exclusion phase
of development. As land management agencies begin to incorporate C storage and sequestration
into their management goals there is an increasing need to understand how developmental changes
influence belowground C cycling.

Soil C cycling can display a large amount of within-system and among-system variability
as forests age and develop. Estimates of soil respiration derived from relationships between net
primary production and net ecosystem production suggest a characteristic age-related trend in which
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the heterotrophic components of soil respiration (micro- and macro-fauna) in temperate forests
are expected to decline with age, and the autotrophic portion of soil respiration (plant roots and
associated mycorrhizae) are expected to peak in middle-aged stands as net primary production (NPP)
and, therefore, substrate supplies peak [12]. Direct measurements of soil respiration in stands of
different ages, however, have shown that total soil CO2 efflux (RS) can (1) initially increase with
age, peaking in young-intermediate-aged, closed canopy stands before declining with age in mature
to older stands [4,13,14]; (2) decrease with age [15]; (3) increase steadily from young to old-growth
stands [6,16]; or (4) show opposing age-related trends across the geographic range of the same forest
type [17]. This variability in age-related soil respiration trends among different systems underscores
the need for ecosystem-specific studies.

While respiration from roots and associated mycorrhizae make up the largest proportion of soil
respiration [18], estimates of respiration associated with decomposition of the forest floor layers range
from 5–48% of total soil respiration in temperate forests [4,18–22]. There are no clearly established
patterns of respiration from the forest floor layers (RFF) across stands of different ages, but RS generally
has positive correlations with forest floor mass or thickness [3,15,23]. This suggests that RFF could
increase with stand age in forests that are characterized by slow litter decay rates and a resulting
increase in forest floor thickness over time. Forests dominated by evergreen conifers, for instance,
often accumulate forest floor mass and thickness as they age [24,25], which could lead to increased
RFF in older stands. The accumulation of forest floor layers during stand development can also exert
a large indirect influence on mineral soil respiration by altering soil temperature and moisture or
providing leachate of labile substrate into the mineral soil [26,27].

Understanding how stand age influences C cycling is particularly important because forest
management activities have direct impacts on landscape-scale age distributions. Different rotation
lengths, for instance, can result in dramatically different abundances of young vs. old stands.
This would have significant impacts on soil C losses for systems that show a high degree of variability in
soil respiration among age classes. The collection of harvest residues and residual wood as a feedstock
for biofuel production can also reduce forest floor and mineral soil C and nutrient stocks [28–30],
and litter removal clearly impacts both soil respiration and other soil processes [20,31].

We conducted an experiment to characterize age-related differences in total soil respiration (RS)
and respiration from the forest floor layers (RFF) in red pine (Pinus resinosa Ait.) stands aged 9–123
years. Productivity in managed red pine systems peaks between 130 and 140 years across a range
of basal areas [32], so we expected RS to increase steadily with age across our chronosequence due
to increases in autotrophic respiration linked to increasing NPP [33]. We also predicted that RFF

would increase with age across the chronosequence because forest floor C (and thus, forest floor mass)
increases steadily with age up to at least 150 years in red pine forests [25], and forest floor mass is
positively correlated with RS [3,15,23].

2. Materials and Methods

2.1. Study Area

Our study sites included four red pine stands on the Chippewa National Forest in northern
Minnesota, USA. The study sites included an open, 9-year-old stand of red pine saplings that were
planted following the clearcutting of the previous red pine stand (Y9), a 31-year-old plantation in
the early stages of stem exclusion (Y31), a 61-year-old plantation with a well-developed shrub layer
and some tree recruitment in the understory (Y61), and a 123 year-old naturally-regenerated stand
with a well-develop shrub and understory tree layer (Y123). Three of the stands were located in close
proximity (within 1000 m of one another), and the fourth (Y61) was located 5 km to the west.

Forest floor and soil characteristics, live tree density, and basal area varied somewhat by stand
age (Table 1). Red pine represented 94–98% of the basal area of stems ≥2.5 cm in diameter in Y31, Y61,
and Y123, with eastern white pine (Pinus strobus L.), paper birch (Betula papyrifera Marsh.), balsam fir

42



Forests 2018, 9, 16

(Abies balsamea L.), and northern red oak (Quercus rubra L.) each representing anywhere from 0–3.4%
of the remaining basal area within these stands. Y9 had very little basal area of stems ≥2.5 cm in
diameter. Hardwoods represented < 2% of basal area in any stand. Beaked hazel (Corylus cornuta
Marsch.), balsam fir, juneberries (Amelanchier spp.), and blueberries (Vaccinium spp.) were the dominant
understory shrubs and saplings, with a much more developed shrub, sapling, and herbaceous layer in
the young, open-canopied Y9 than the other stands.

Study sites were selected to minimize variability in edaphic and physiographic characteristics
that could contribute to differences in the soil environment or local microclimate. All stands
were located on coarse-textured, excessively drained outwash sands classified as Menahga mixed,
frigid Typic Udipsamments to minimize variability in physical soil characteristics that could contribute
to differences in soil respiration [34]. Topographic variation across the study sites was very limited
with less than 10 m variability in elevation among sites, slopes less than 10%, and plots within each
site located on predominantly south or southeast facing aspects. The study area has an average annual
temperature of 3.9 ◦C and average annual precipitation of 700 mm.

Table 1. Forest floor, soil (0–30 cm), and overstory structure characteristics of 9, 31, 61, and 123
year-old red pine stands used to study age-related changes in soil respiration, forest floor respiration,
and litter decomposition.

Stand
Age in

2009
(years)

FF
Thickness

(cm)

FF Mass
(kg/m2)

FF
%C

FF
%N

FF
C:N

Soil
%C

Soil
%N

Soil
C:N

pH
A

pH
A-30

Overstory
Density
(TPH)

Basal
Area

(m2 ha−1)

Y9 9 1.67 1.11 40.23 1.30 30.76 2.09 0.10 19.17 4.03 4.96 67 0.04
Y31 31 4.04 2.59 36.51 0.91 39.94 0.69 0.04 19.92 4.48 4.38 2167 40.06
Y61 61 4.90 2.18 49.38 1.11 44.87 0.89 0.06 15.00 4.51 4.80 633 38.18
Y123 123 4.33 2.43 49.76 1.29 38.81 0.72 0.04 19.51 4.40 4.60 650 40.63

FF = forest floor; TPH = trees ha−1; pH A = soil pH from the surface to the top of the A horizon; pH A-30 = soil pH
from the top of the A horizon to a depth of 30 cm; all pH values measured in a CaCl2 solution. Forest floor and soil
%C and %N measured on a LECO Total Elemental Analyzer. Note that %C and %N data were not ash-corrected.
Forest floor mass is an estimate based on a companion study in the same stands [35] and mass from the actual
collars in this study.

2.2. Field and Laboratory Methods

We selected a chronosequence of 4 red pine stands at 9, 31, 61, and 123 years of age. We placed
25 cm (inside diameter) PVC (polyvinyl chloride) collars into the soil in November of 2008 after leaf
fall of deciduous trees and shrubs (approximately 6 months prior to our first sampling). Nine collars
were placed at three randomly located sample plots in each stand, for a total of 27 collars per stand.
The nine collars in each plot were placed in groups of three at a distance of four meters from plot center
along transects centered at azimuths of 60, 180, and 300 degrees at each plot.

Since the presence of leaf litter can exert a large indirect influence on mineral soil respiration
by altering soil temperature and moisture or providing leachate of labile substrate into the mineral
soil [26,27], we used forest floor manipulation treatments to examine direct and indirect impacts
of forest floor removal on RS and estimates of RFF. In this context, “direct” implies the additive
contribution of CO2 efflux from litter decomposition to total RS, while “indirect” implies the effects
that modification of the soil environment due to the presence of an intact litter layer could have on both
autotrophic and heterotrophic contributions to RS from the mineral soil. In April of 2010, we removed
the forest floor (down to mineral soil) from one randomly selected collar at each transect (the “no litter”
treatment) to evaluate how complete forest floor removal impacts soil respiration. Since complete
forest floor removal could create indirect impacts on soil respiration by altering the soil environment,
we also removed the forest floor from a second PVC collar at each transect, and replaced it with
a removable, 20-mesh (841 micron) bag (filled with litter collected from an area near each transect
of collars equal in size to the cross-sectional area of the collars themselves. In this treatment (the
“removable bag” treatment) the mesh bags were removed immediately prior to taking soil respiration
measurements, with the intention of maintaining mineral soil conditions similar to those under intact
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litter while removing the direct contribution of CO2 efflux from the forest floor from estimates of soil
respiration. The third collar in each transect was left as an untreated control.

Total soil CO2 efflux (RS) was measured on a monthly basis on all 27 collars in each stand from May
through October in 2009 (pre-manipulation; i.e., prior to litter removal and removable bag installation)
and from April through October in 2010 (post-manipulation; i.e., after litter removal and removable
bag installation) using a custom-built, closed-chamber system with an LI-820 gas analyzer (LI-Cor,
Inc., Lincoln, NE, USA) connected to a datalogger programmed to record the CO2 concentrations
in the system at 2 s intervals. Equipment malfunctions prevented us from completing the August
2009 measurement.

Since our closed-chamber system calculates CO2 flux rates by first scrubbing CO2 out of the
chamber and then measuring the rate of increase as chamber CO2 rises back to a pre-set upper boundary,
measurement times on individual collars varied based on instantaneous flux rates. RS measurements
were conducted over a 2–3 day period each month, with all collars in each stand being sampled on a
single day in each month. Individual stands were sampled at alternating the times of day (0930–1200
or 1200–1500) from one month to the next in an effort to average out variability associated with taking
measurements at different locations at different times of day.

Temperature readings from the top 10 cm of soil suggest soils were frozen from mid-late November
until mid-April during both years of measurement, so we assume that soil respiration was minimal
during the November to April period. All fresh litter inputs were removed from the no litter treatments
on a bi-weekly to monthly basis throughout our 2010 measurements, and respiration measurements in
the removable bag treatment were made five to ten minutes after removing the bags from the collars
to allow the CO2 environment within the collar to equilibrate after removing the bag. We measured
mineral soil temperature at a depth of 10 cm next to each collar, and measured volumetric soil moisture
content in the top 12 cm of the mineral soilusing a HydroSense Soil Water Measurement System
consisting of a CS620 sensor attached to a CD620 display (Campbell Scientific, Inc., Logan, UT, USA).
Soil moisture measurements were taken at four points around each collar during each soil respiration
measurement. After litter treatment in 2010, temperature and moisture measurements for the no
litter and removable bag treatments were made within similar treatment areas next to each treatment
collar to capture treatment effects without disturbing the soil environment within the collars used for
respiration measurements.

We estimated RFF based on the differences of RS measurements between the control and treatment
collars as Equations (1) and (2):

RFF NO LITTER = RS CONTROL − RS NO LITTER (1)

and
RFF REMOVABLE BAG = RS CONTROL − RS REMOVABLE BAG (2)

where RFF is respiration from the forest floor layers, RS CONTROL is the measured respiration from the
control collar in a transect, RS CONTROL is the measured respiration from the “no litter” treatment collar
in that transect (i.e., collars that received a complete litter removal treatment), and RS REMOVABLE BAG

is the measured respiration from the “removable bag” collar in that same transect (i.e., collars in which
the litter was removed from the collar and replaced with a mesh bag filled with litter that could be left
in place between measurements and removed immediately prior to measurements).

2.3. Analytical Methods

We analyzed litter treatment and stand age effects on RS, RFF, soil temperature, and soil moisture
using linear mixed models. Models included litter treatment, stand age, month of measurement,
and the interactions among these three factors as fixed effects along with random effects to account for
the spatial nesting of litter treatments within plots and the temporal nesting of measurements within
plots. We used averages of litter treatments or litter types from the three transects at each plot as the
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dependent variable in each analysis. Respiration data, temperature data, and moisture data from 2009
and 2010 were analyzed separately because the measurements spanned different months in the two
years. Bonferroni-adjusted t-tests were used to evaluate significant differences between treatment
levels. Model assumptions were evaluated with residual plots.

We analyzed relationships between RS and soil temperature based on the exponential growth
function (Equation (3)):

RS = β1 exp(β2 × T) (3)

where RS is soil respiration and T is temperature. To include nested random effects (which do not
have built-in support for mixed-effects nonlinear models in SAS version 9.2 (SAS Institute, Cary, NC,
USA)) to account for repeated measurements on collars representing different treatments within plots,
we log-transformed the exponential growth function, and analyzed the soil respiration—temperature
relationship using linear mixed models of the form (Equation (4)):

LN(RS) = LN(β1) + (β2)× T (4)

where LN refers to the natural logarithm, RS is soil respiration, and T is soil temperature. To test
for potential stand age and litter treatment effects on the relationship between soil respiration and
temperature, we fit models that allowed β1 and β2 to vary both individually and in tandem across the
levels of both stand age and litter treatment. We used AIC scores to choose the model with the best
fit to our data, but also considered the p-values of individual model terms to judge the significance
of age and litter treatment effects. All models relating RS to temperature included random effects to
account for the use of repeated measurements and the nesting of treatments within plots in each stand.
We estimated the sensitivity of soil respiration to temperature using Q10 values. We calculated Q10 as
Equation (5):

Q10 = (R2/R1)
(10/(T2−T1)) (5)

where R1 and R2 are modeled soil respiration rates at temperatures T1 and T2, respectively.
We also used linear mixed models to analyze relationships between soil respiration and soil

moisture. All soil moisture models followed the general form (Equation (6)):

R = β1 + β2 × SM (6)

where R is either an absolute, or one of two normalized measure of soil respiration and SM is volumetric
soil moisture. Thus, we ran three sets of models relating soil respiration to soil moisture including
(1) one set including our direct, field-based RS estimates as the dependent variable; (2) a second set
using a normalized expression of soil respiration (we refer to this as RSN) calculated as the ratio of
observed RS to the value predicted by our best-fitting temperature model based on soil temperatures at
the time of field RS sampling; and (3) a third set expressing soil respiration as the difference between our
observed value from field measurements of RS, and the value predicted by our best-fitting temperature
model based on soil temperatures at the time of field RS sampling (we refer to this variable as RSDIF).

Like our respiration-temperature models, we fit respiration-moisture models that allowed
β1 and β2 to vary by both individually and in combination across the levels of stand age and
litter type, then used AIC scores to choose the best model. We used residual plots to analyze
model assumptions regarding the normality and homogeneity of error variances for all of our
regression models, and applied transformations when necessary. We used Bonferroni-adjusted t-tests
for all multiple comparisons. We calculated a conditional R2-type goodness of fit value for the
respiration—temperature and respiration—moisture models as Equation (7):

R2
C = 1 −

[
Σ(yij − ŷij)

2/Σ(yij − y)2
]

(7)
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where yij and ŷij are the observed and predicted respiration rates for each individual subject and y is
the overall mean of the observed respiration rates [36]. All statistical analyses were performed using
SAS version 9.2 (SAS Institute, Cary, NC, USA) at α = 0.05 significance level.

3. Results

3.1. Total Soil Respiration

Litter treatment had significant impacts on RS (p = 0.010 for post-manipulation measurements),
and stand age (p < 0.001 and p = 0.001), month of measurement (p < 0.001 for both years), and the
stand age x month of measurement interaction (p < 0.001 for both years) were also significant in the
pre-manipulation and post-manipulation measurement years. There were no significant interactions
involving litter treatment in either year of measurement. There were no significant differences in
RS among collars assigned different litter treatments prior to litter treatment (p = 0.285), but RS was
significantly lower for the no litter treatment than for the control treatment after litter treatment
(Table 2).

Table 2. Effects of forest floor removal treatments on total soil respiration (RS), forest floor respiration
(RFF) (calculated after litter treatment in 2010 only), and soil moisture (SM) before (2009) and after
(2010) experimental litter removal treatment in red pine stands. Different letters indicate significant
differences among treatments within a column. Respiration rates reported in μmol CO2 m−2 s−1.

Treatment RS 2009 RS 2010 RFF 2010 SM (%) 2009 SM (%) 2010

No Litter 3.23 (a) 2.93 (b) 0.35 (a) 10.36 (a) 14.02 (b)
Removable Bag 3.30 (a) 3.21 (ab) 0.06 (b) 10.62 (a) 12.67 (b)

Control 3.17 (a) 3.27 (a) – 10.60 (a) 12.79 (a)

Averaged across months, RS was highest in Y9 and lowest in Y31 in 2009, and generally lowest in
Y31, but similar among other stands in 2010 (Table 3). However, the age effect was variable across the
individual months of measurement (Figure 1). From May through September of 2009 (Figure 1e) and
June through August of 2010 (Figure 1f), RS was generally lowest in Y31. There were no differences
in RS among stands in October of 2009, or in April, May, or October of 2010, when soil temperatures
were at their lowest for each year. Y61 had higher RS than any other stand in September of 2010,
but was generally similar to the Y9 and Y123 stands in other months. Monthly variability in RS

generally paralleled soil temperature trends in both years. In 2009, RS monthly patterns of Y61 and
Y123 closely followed the temperature trend, although RS in Y9 and Y31 began declining in July while
soil temperatures remained high. In 2010, RS patterns closely followed the monthly temperature trends,
showing a steady increase through August followed by a decline in September and October.

Table 3. Mean values of total soil respiration (RS), volumetric soil moisture (SM), soil temperature (T),
and forest floor respiration (RFF) before experimental litter removal (2009) and after litter removal (2010)
in red pine stands aged 9 (Y9), 31 (Y31), 61 (Y61), and 123 (Y123) years. Values represent annualized
averages across multiple months of measurement in each year. RFF was calculated only after litter
removal (i.e., only in 2010). Different letters indicate significant differences among treatments within a
column. Respiration rates reported in μmol CO2 m−2 s−1.

Stand ID RS 2009 RS 2010 RFF 2010 T (◦C) 2009 T (◦C) 2010 SM (%) 2009 SM (%) 2010

Y9 3.78 (a) 3.11 (ab) 0.08 (a) 12.51 (a) 10.02 (a) 13.36 (a) 15.72 (a)
Y31 2.32 (b) 2.46 (b) 0.42 (a) 10.05 (c) 8.98 (b) 9.39 (b) 12.71 (b)
Y61 3.54 (c) 3.76 (a) 0.05 (a) 11.26 (b) 9.99 (a) 9.71 (b) 11.14 (b)
Y123 3.30 (c) 3.20 (ab) 0.27 (a) 10.49 (c) 8.95 (b) 9.96 (b) 13.07 (b)
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Figure 1. Soil temperatures (a, b), soil moisture (c, d), and soil respiration (RS, e, f) from two years of
measurement in 9, 31, 61, and 123 year-old red pine stands in northern Minnesota, USA. Error bars
indicate standard error. An asterisk indicates a month with significant differences among stand ages.

3.2. Forest Floor Respiration

Our estimates of RFF were more than five times higher for the no litter treatment than for the
removable bag treatment (p = 0.044, Table 2). RFF was not significantly affected by stand age (Table 3)
or month of measurement, and there were no significant interactions between stand age, month of
measurement, and litter treatment type (i.e., RFF LITTER vs. RFF REMOVABLE BAG). RFF represented 13.1%
of RS in the no litter treatment compared to 3.9% of RS in the removable bag treatment (p = 0.018,
Table 2). This percentage varied by month of measurement (p < 0.001), but the month effect was not
consistent across stands of different ages (p = 0.027). RFF generally represented the smallest percentage
of RS in April when soil temperatures were lowest across all stands, but differences among other
months were highly variable across stands (Figure 2). There were no significant interactions involving
litter treatment, so monthly values displayed in Figure 2 have been expressed as the mean of RFF

estimates calculated using the removable bag treatment and the mineral soil treatment.
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Figure 2. CO2 efflux from forest floor layers (RFF, top panel) and the percentage of total soil respiration
(RS) represented by the forest floor (bottom panel) in 9, 31, 61, and 123 year-old red pine stands in
northern Minnesota, USA. Error bars indicate standard error. An asterisk indicates a month with
significant differences among stand ages. RFF estimates displayed here reflect the mean of values
calculated from two separate treatments (complete litter removal and temporary removal of litter in a
mesh bag).

3.3. Soil Temperature and Moisture

Litter treatment did not have a significant effect on soil temperature in either pre- or post-treatment
measurements (p = 0.999 and 0.372, respectively), but stand age (p < 0.001 for both years) and month
of measurement (p < 0.001 for both years) each did, and the stand age effect varied across months
(p < 0.001 for both years). There were no significant interactions involving litter treatment in either year
of measurement. Averaged across months, soil temperatures were generally highest in Y9, lowest in
Y31 and Y123, and intermediate to high in Y61 (Table 3), but these patterns changed in October,
when soil temperatures were lowest in Y9 and highest in Y61 (Figure 1). The temporal trends of soil
temperature were somewhat different from 2009 to 2010. In 2009, soil temperatures increased from
May to June, were similar in June, July, and August, and then declined rapidly (Figure 1a). In 2010,
soil temperatures rose steadily from April through August then declined in September and October
(Figure 1b). Soil temperatures in the spring of 2009 were somewhat higher than those during the spring
of 2010 but the reverse was true during late summer and autumn.

Litter treatment had a significant impact on soil moisture in 2010 (p < 0.001), and stand age,
month of measurement, and the stand age x month of measurement interaction were each significant in
both the pre-manipulation and post-manipulation years of measurement (p < 0.001 for all). There were
no significant interactions involving litter treatment in either year of measurement. Although there
were no differences between collars assigned different litter treatments prior to manipulation in 2009
(p = 0.174), soil moisture was higher in the no litter treatment than in the removable bag and control
treatments after litter treatment in 2010 (Table 2). In 2009, soil moisture was typically highest in Y9,
and similar among other treatments (Table 3, Figure 1c). In 2010, soil moisture was similar among
stands during April and October, highest in Y9 during May and August, and generally low in Y61
during July and September (Figure 1d).
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3.4. Relationships between Soil Respiration, Temperature, and Moisture

There was a significant, exponential relationship between RS and temperature (p < 0.001,
R2

C = 0.787), but stand age and litter treatment did not have significant effects on the RS—temperature
relationship (Figure 3). There was also a significant, logarithmic relationship between RS and
soil moisture (p < 0.001), but model predictions were not well correlated with field observations
(R2

C = 0.083). Additionally, the shape of the RS—moisture relationship varied with stand age (p < 0.001
for both soil moisture and the soil moisture x stand age interaction). Our model predicted positive
relationships between RS and moisture in Y9 and Y31, but negative relationships between these two
variables in Y61 and Y123 stands (Figure 4).

 

Figure 3. Relationships between soil respiration (RS) and soil temperature in red pine stands in northern
Minnesota, USA.

Figure 4. Relationships between soil respiration (RS) and soil moisture in 9 (Y9), 31 (Y31), 61 (Y61),
and 123 (Y123) year-old red pine stands in northern Minnesota, USA.

RSN was not significantly correlated with soil moisture (p = 0.407), and age, litter treatment,
and the interactions among these three variables did not have significant effects on RSN in any of the
models we tested (Figure 5). Further, no RSN models including any combination of soil moisture, age,
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litter treatment and their interactions performed better than the null model for RSN that included only
the intercept and mixed-effects terms accounting for the spatial nesting of collars within plots and the
repeated measurements of individual collars and plots over time. RSDIF did have a significant, negative
relationship with soil moisture (p = 0.0137), but stand age, litter treatment, and their interactions were
never significant, and no models including stand age or litter treatment as fixed effects improved on
the fit of the general RSDIF to soil moisture model (Figure 5). Further, the correlation between RSDIF

and soil moisture was extremely weak (R2
C = 0.009).
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Figure 5. Relationships between two normalized estimates of soil respiration (RS) and soil moisture
in red pine stands in northern Minnesota, USA. RS Observed (top panel) indicates direct, field-based
measurements of soil CO2 efflux, and RS modeled (bottom panel) indicates estimates of soil CO2 efflux
derived from our best-fitting regression model relating RS to temperature. RSDIF was calculated as the
differences between RS Observed and RS Modeled.

4. Discussion

Our results suggest that stand age may have significant impacts on soil carbon cycling in red pine
ecosystems, but stand age had different effects on RS and RFF. Our young, closed-canopy stand in the
early stages of stem exclusion (Y31) showed a distinct seasonal pattern of RS compared to a young
stand regenerating after a clearcut, a mature stand, and an old stand. In contrast, stand age had little
impact on RFF or RFF’s contribution to RS. Our results also suggest that the forest floor influences soil
respiration both directly, through the contribution of CO2 efflux associated with the decomposition of
litter material, and indirectly, by altering the physical environment within the upper mineral soil.

4.1. Stand Age Effects on Soil Respiration

Our results do not support the increasing trend of RS that was predicted based on linkages
between productivity and respiration [33]. Although theory predicts a possible decline in RS from
middle-aged to older forests [12], several studies have reported positive relationships between stand
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age and soil respiration rates spanning various stages of forest development [6,13,16,17]. We found
no evidence of either of these patterns, but we did find that soil respiration rates were often lower
in Y31 than in the other stands during the middle of the growing season, particularly in July and
August when soil temperatures were highest. Y31 often had lower soil temperatures than the other
stands, particularly Y9 and Y61. As other studies have indicated [10,19,37], we found that RS increased
exponentially with increasing soil temperature, so low soil temperatures are a likely cause of the low
soil respiration rates in Y31. In our study system, Y31 is representative of plantations in the stem
exclusion stage of development. Dense canopies that severely limit understory light availability are
common characteristics of this phase [38], which could explain the low soil temperatures we observed
in Y31. Although we did not directly measure either understory light availability or overstory leaf
area index in these stands, we anecdotally observed that Y31 had very limited understory forb and
shrub development in comparison with the other sites, which could be indicative of lower light levels
on the forest floor, and thus, lower soil temperatures.

Although the RS-temperature relationship appeared relatively stable across our stands, we did find
evidence that the RS-soil moisture relationship varied among different-aged stands. Some studies have
reported that soil respiration’s sensitivity to temperature can change with stand age or successional
status [13,16,19], but few have reported different age-related trends in the RS-moisture relationship.
Like Irvine and Law [6], we found that soil respiration rates were generally higher in our older
stands than in our younger stands during periods of low soil moisture. As soil moisture increased,
however, soil respiration rates increased in Y9 and Y31 stands, but declined in Y61 and Y123. While
the cause of declining RS as soil moisture increased in Y61 and Y123 stands is unclear, the effect (i.e.,
decreasing differences in RS between young and older stands as soil moisture increases) is consistent
with Irvine and Law’s [6] proposal that the larger trees in older stands may avoid drought impacts on
metabolic processes by accessing water in deeper soil horizons. The possibility of reduced drought
impacts on metabolic processes in older stands is also consistent with findings from foliar gas exchange
studies that suggest larger trees in older stands show less physiological response to drought than
smaller trees in younger stands [39–41]. Thus, the age-related trends we observed for the RS-moisture
relationship are likely driven by more pronounced physiological responses (including respiratory
functions associated with growth and maintenance) to drought in younger stands. However, we
caution that relationships between RS and soil moisture in our dataset were extremely weak, so soil
moisture availability was not likely a major driver of RS variability in our system. Soil moisture
typically exerts strong controls on RS in forests only when soils are very dry or very wet [10,42], so it is
possible that the 5–15% range of volumetric soil moisture content observed in this study simply did
not produce conditions that would limit either decomposer activity or root respiration.

Although we found only limited evidence of age-related variability in the RS-moisture relationship,
seasonal patterns of RS appeared to closely track soil temperature trends, regardless of stand age.
The plateaued pattern of RS characteristic of most stands in 2009 and the late summer peak in RS

observed in all stands in 2010 paralleled the monthly soil temperature variability for those two
years, and the high RS values observed in Y61 during September 2010 occurred during a period
with higher soil temperatures in that stand than in any other stand. In contrast the seasonal dips
in soil moisture observed in September of 2009 and June of 2010 did not appear to have a large
influence on RS and the correlation coefficient for our RS-moisture relationship was an order of
magnitude lower than that of our RS-temperature relationship. Annualized averages of RS across
months of measurement in both years also closely tracked stand-level average soil temperatures,
and the generally low soil temperatures in the dense-canopied Y31 appear to be a primary driver
of this stand’s low RS, particularly when compared with the young, open-canopied Y9, which had
considerably higher average soil temperatures.

Additionally, our two normalized estimates of RS (i.e., RSN and RSDIF), which expressed observed
RS relative to predictions from our RS-temperature model, showed little to no relationship with soil
moisture. This suggests that some of the apparent soil moisture impacts on RS across stand of different
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ages that we observed were likely driven by covarying temperature trends as was observed in other
studies e.g., [10,11]. Collectively, these results underscore the importance of soil temperature as a
driver of RS variability e.g., [3,4], and suggest that variations in stand structure that influence soil
temperatures (such as the transition from an open-canopy during cohort establishment or stand
initiation phase to a dense, closed-canopy during stem exclusion) could potentially exert significant
controls on soil carbon cycling.

Although we did not directly test the relationships, variability in soil temperature paralleled
differences in temperatures across the two years, while soil moisture generally tracked precipitation
levels in the wetter 2010 sampling period, but not as closely in the drier summer of 2009 (Table 4).
That both soil temperatures and soil respiration followed the summer plateau pattern of air
temperatures in 2009 and the gradual rise in air temperatures through August of 2010, regardless of
stand age, speaks to the strong controls that climate exerts on soil processes.

Table 4. Mean monthly temperature (T) and precipitation (P) data for our study area during the months
of RS measurement in 2009 and 2010 [43].

Month T (◦C) 2009 T (◦C) 2010 P (mm) 2009 P (mm) 2010

April 4.3 9.1 31.5 28.4
May 10.6 12.6 41.7 59.1
June 16.0 16.9 85.6 91.1
July 17.6 21.1 58.4 120.4

August 17.7 20.8 63.7 129.7
September 17.4 11.7 46.7 141.5

October 3.6 8.8 125.2 66.5

4.2. Forest Floor Contributions to Soil Respiration

Our results indicate that forest floor removal reduced RS by 4–13% over the course of our April
through October sampling (when averaged across RFF estimates from the no litter and removable bag
treatment), but do not suggest the anticipated age-related effects on either RFF or the forest floor’s
contributions to RS. While several studies have found that respiration from organic horizons represents
a larger percentage of RS than our estimates [18–20,22,44], our results fall within the range reported
by others [4,22,24], and support the general consensus across these studies that root respiration and
decomposition of organic compounds within the mineral soil represent the largest contributions to RS.

The reasons for the relatively low forest floor contributions to RS found in our study are not
clear, although substrate quality could be a factor. Like the mineral soil, respiration rates in the forest
floor are negatively correlated with the C:N ratio of the substrate [4], and three of our four stands
had relatively high forest floor C:N ratios. Forest floor C:N ratios ranged from 39–45 in our Y31,
Y61, and Y123 stands. In contrast, forest floor C:N ratios range from 31–32 in young and old-growth
Appalachian hardwood forests [4], 34–35 for Douglas-fir (Pseudotsuga menziesii Franco) stands in the
western United States [24], 29–32 in young to middle-aged Chinese hardwood forests [45], and 21–27
for various components of the forest floor in a tropical montane cloud forest [41]. While the forest floor
C:N ratio of our youngest stand was somewhat lower than the other three stands, this stand had a
much smaller forest floor layer than the older stands. Forest floor thickness is positively correlated
with respiration rates [3,15], so the thinner forest floor may have offset the effects of higher quality
litter in Y9, which could explain why RFF estimates were similar across stands despite the difference in
forest floor C:N ratios.

The result that RS in the removable bag treatment was similar to RS for the control treatments
suggests that at least some portion of the difference between control and no litter treatments was due
to the influence that forest floor layers exert on the mineral soil environment [31]. Soil temperatures,
however, were similar among the three litter treatments. Soil moisture was higher in the no litter
treatment, but soil moisture generally has a positive relationship with RS [5,7], and had little to no
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relationship with temperature-normalized estimates of RS in our study, so increased soil moisture is
not a likely explanation for lower respiration rates in the no litter treatment. If anything, increased soil
moisture in the no litter treatment may have compensated in part for reductions in RS associated
with the absence of a decomposing forest floor. If the difference in soil respiration rates between no
litter and control collars was due entirely to the absence of respiration contributions from the forest
floor, however, we would expect a similar difference to be apparent in the removable bag treatment.
The apparent importance of indirect forest floor impacts on RS could suggest that RFF and mineral soil
respiration estimates from studies that do not account for the forest floor’s environmental influences
may contain considerable error, at least in systems with relatively thick forest floor layers, such as
the red pine forest studied here. The lack of soil temperature differences between the no litter and
removable bag treatments, and limited impact of soil moisture on RS observed at our study sites,
however suggest that indirect controls of the soil respiration other than soil microclimate drove the
differences in RFF estimates between the no litter and removable bag treatments that we observed.

Negative estimates of RFF during some individual measurement periods were an artifact of our
RFF estimation technique, which relied on the difference in soil CO2 efflux measurements between
control collars and adjacent collars where litter was removed. Although efforts were made to place
adjacent collars in similar environments and adjacent collars generally had similar soil environments
(as measured by soil temperature and moisture), differences in autotrophic contributions to soil CO2

efflux associated with variable live root biomass beneath collars may have contributed error to our
RFF estimates. However estimates of the contribution of RFF to total RS in a study that used similar
methods of estimating RFF while also controlling for root respiration via trenching were broadly similar
to our estimates [18], Additionally, litter contributions to total RS have been shown to be very low
during the pre-growth and pre-dormancy period [22], which suggests that even small differences
in autotrophic respiration could have contributed to the generally negative estimates of RFF for our
earliest and latest measurement periods.

5. Conclusions

Our results have some important implications about C cycling in red pine ecosystems. First,
soil respiration responses to changes in temperature appear to be relatively constant across stand ages in
red pine. Differences in soil temperature also appear to contribute to low soil respiration rates in dense,
young, closed-canopy red pine plantations when compared to open-canopied regenerating stands and
older stands that have transitioned out of the stem exclusion phase of development. This suggests that
changes in rotation lengths for red pine management could impact soil C dynamics by modifying the
proportional representation of age classes across the landscape and consequently, shifting the relative
abundance of stand structures with relatively low soil respiration rates (e.g., our young, closed canopy
plantation) vs. those with higher, or more seasonally-variable soil respiration rates (e.g., our young,
open-canopied stand and our more mature stands).
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Abstract: The effects of global climate change have highlighted forest ecosystems as a key element in
reducing the amount of atmospheric carbon through photosynthesis. The objective of this study was
to estimate the amount of carbon content and its percentage capture in a protected Abies religiosa forest
in which the study area was zoned with satellite image analysis. Dendrometric and epidometric
variables were used to determine the volume and increase of aerial biomass, and stored carbon
and its capture rate using equations. The results indicate that this forest contains an average of
105.72 MgC ha−1, with an estimated sequestration rate of 1.03 MgC ha−1 yr−1. The results show that
carbon capture increasing depends on the increase in volume. Therefore, in order to achieve the
maximum yield in a forest, it is necessary to implement sustainable forest management that favors
the sustained use of soil productivity.
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1. Introduction

The negative impacts of anthropogenic emissions of greenhouse gases such as irreversible damage
to ecosystems, increased pressure on water resources, alterations in food production, and damage to
human health, among others, have been reported in different studies [1–10]. The need to stabilize the
carbon content of the atmosphere has been manifested in a series of international and local agreements
and policies, such as the Kyoto Protocol and the Treaty of Paris. The purpose of these agreements and
policies is to reduce emissions of greenhouse gases (GHG), with mechanisms to optimize carbon sinks.

Currently, forests store about 800 gigatons of carbon (GtC) [11] and it is estimated that by 2050
they could sequester up to an additional 87 GtC [12,13]. It was estimated that in the period
between 2000 and 2007, the carbon sequestration rate of the world’s forests averaged 4.1 GtCyr−1 [14],
corresponding to approximately 30% of fossil fuel emissions in 2010 [15].

Globally, protected forests have been proposed as a potentially cost-effective strategy to counter
deforestation and degradation [16–18], favoring carbon permanence in the forest. Countries with the
greatest threats from their forests due to degradation and devastation have increased their percentage
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of protected areas (Figure 1) in an attempt to conserve the environmental services of their forests [19,20].
Out of 3984 million hectares of forests in the world, 13.25% have a protected area status [21], and this
percentage is mainly because of many of these protected sites partially fulfilling their conservation
objectives [22], primarily derived from the budgetary constraints in which most of these areas operate.
Financial resources managers for protected areas are increasingly emphasizing cost-effective aspects
such as ecosystem services, including carbon sequestration [23].

Figure 1. Percentage of protected area per country in 2015 in relation to its total forest area.
Own elaboration with information of [24].

Currently, decision-makers can use a large number of methods to assess protected
area management and prioritize investments, and there are over 70 methods that have been developed
to provide standards for obtaining indicators, analyses, and interpretations [25,26]; however, none of
these provide an estimation of carbon sequestration rates.

The present study aimed to estimate the carbon content in the above-ground biomass (baseline) of
a forest of Abies religiosa (H.B.K.) Schlecht. et Cham., which is part of El Chico National Park, Hidalgo,
Mexico. In addition, it attempted to ascertain the carbon capture rate from the annual volumetric
increase of the species in the area. This information is necessary for designing the strategies that allow
the environmental objectives that contribute to the reduction of the negative effects in climate change
to be fulfilled.

2. Materials and Methods

2.1. Study Area

The study was carried out in the federal zone of the protected natural area called “El Chico
National Park” located in the western area of the mountain range of Pachuca, in the state of Hidalgo,
Mexico. Geographically, it is located between the extreme coordinates 20◦11′57′′ and 20◦12′02′′ north
latitude and 98◦43′08”and 98◦43′06” west longitude.

The area is owned by the Mexican nation and comprises 1,833,000 hectares [27]. The climate
is C (m) (w) b (i′) gw, which is described as: a temperate-sub-humid climate with a fresh and long
summer; the average annual temperature varies between 12 and 18 ◦C. The rainfall regime is in
summer, and the percentage of winter rain in relation to the annual total is less than 5% [28].

The soil type is constituted by associations that group the following soil units: Humic cambisol-Androsol
ocrico-Litosol, which has a volcanic origin association typical of mountainous zones, and humic
Andosol-Humic cambisol, corresponding to forest soils associated with Abies and Quercus forests [29].
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The predominant type of vegetation is Abies religiosa forest, which covers 67% of the park surface.
The shrub stratum is dominated by the species Archibaccharis hieracioides Blake, Baccharis conferta H.B.K.,
Eupatorium hidalgense Rob., Fuchsia thymifolia H.B.K., Ribes affine H.B.K., Salvia elegans Vahl.,
Senecio angulifolius D.C., and Stevia monardifolia H.B.K. [30].

2.2. Description of the Species

The Abies forest is considered a component of the Leopold boreal forest [31] because of its similarity
in terms flora, fauna, physiognomy, and ecological conditions to large forest masses covering northern
parts of North America and Eurasia, and is also known as Taiga. This type of forest usually develops
in an interval of altitude between 2400 and 3600 m, and its humidity requirement is high, registering
precipitations superior to 1000 mm annually. They are dense forests, of heights that can reach up to
50 m, with canopies of a triangular contour; the high density conditions reduce the amount of light
reaching the interior, which limits the development of shrubs and herbaceous species [32].

2.3. Forest Zoning

This process was performed to identify the areas where the species of interest is dominant.
The stands were also identified where the species is mixed with other genera; however, these were
excluded from the study. This concept is also known as stratification and consists of the division of the
forest area into portions or spatial units called stands, with sections that possess similar physical and
biological characteristics [33,34].

The identification of the stands was made through a RapidEye-4 satellite (provided by the
Space Agency of the Mexican Government) image analysis dated 25 February 2015, with a spatial
resolution of 5 m [35]. Initially, the image was corrected atmospherically and radiometrically [36].
Subsequently, it was estimated at the pixel level “Red Edge Normalized Difference Vegetation Index”
(RedEdgeNDVI) [37–41].

RedEdge NDVI =
R710 − R705
R710 + R705

(1)

where R710 is the band 4 RedEdge or near red and R705 corresponds to the band 3 RedEdge. The NDVI
has been used in the elaboration of the process of forest logging, and it is mentioned that it has shown
acceptable results in the identification of vegetal associations.

The RedEdge NDVI results were analyzed along with altitude, latitude, and exposure values to
determine the final logging through an overlay positioning process.

The obtained image analysis was validated with the records obtained through field trips. The existing
vegetation types and the boundaries between them were determined by georeferenced points.

2.4. Field Information

Sampling Design and Characteristics of Sites

A random sampling design was used to define the location of 33 circular sampling sites of 1000 m2,
in which a total of 682 trees were measured. The shape and size of the sites were suitable for the
purpose pursued since they have shown good results for the calculation of volumetric stocks or
biomass content [42,43].

At each sampling site, the diameter information at the breast height (dap) of all trees with
a diameter equal to or greater than 7.5 cm and the total height of each tree [44] was recorded. For the
determination of the number of annual growth rings in 2.5 cm, known as passage time, an average
tree per diameter category was selected at each sampling site by means of a 250-mm Haglöf® Presser
(Haglöf, Langsele, Sweden) drill and the results were calculated as the annual volumetric increase per
hectare [45], which was subsequently used for estimating carbon sequestration.
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2.5. Information Processing

2.5.1. Calculation of Volumetric Stocks

With the records of each stand, we proceeded to estimate the value of the variables basal area and
timber volume [36,46]. The basal area for each tree was obtained by the following equation:

BA =
π

4
∗ D2

bh (2)

where BA is the basal area (m2) and Dbh corresponds to the diameter at breast height (m), which were
grouped in diametric categories of 5 cm.

The volume per hectare per stand was determined through a procedure known in the forest as
the average hectare [47] by employing the following equation:

Vs =
DC

∑
i=1

(
BAi ∗ H ∗ MCi ∗ EFi ∗ NTi

)
(3)

where Vs corresponds to the total volume (trunk + branches + leaves + roots) of the woodland per
hectare (m3); DC is the number of diametric categories in the stand; i is the diameter category; BA is
the basal area of the average tree by diameter category (m2); H corresponds to the average height of
the trees in the stands for each diameter category (meters); MC is the morphic coefficient for gender
Abies; EF is the expansion factor of stem to total volume (branches, leaves, and roots) [48]; and NTi is
the number of trees per hectare per diameter category.

2.5.2. Volumetric Increment

The calculation of the increment of the forest mass for each of the stands was obtained by
means of the “Klepac Fast” method, which relates the number of trees per diameter category per
hectare, the volume of the tree type for each diameter category, and the step time for each case [45,49].
This method considers a series of calculations between these three variables to obtain the percentage
of the increase by the following equation:

P =
1000
Dbh

∗ 1
T

(4)

where P corresponds to the percentage of increase, Dbh is the diameter at breast height, and T is the
step time. It is worth mentioning that this parameter was used to obtain the carbon sequestration rate.

2.5.3. Aerial Biomass Content

This information was obtained by the equation developed by Avendaño et al. [50], for the
calculation of biomass for Abies religiosa based on the diameter at breast height.

B = 0.0713 D2.5104
bh (5)

where B is the total biomass of the tree (Mg) and Dbh is the diameter at breast height (m).

2.5.4. Carbon Content

The estimated carbon content for each tree was calculated using the equation developed for this
species, which is based on the diameter at breast height [50].

ACC = 0.0332 D2.5104
bh (6)

where ACC is the carbon content for Abies religiosa (Mg) and Dbh is the diameter at breast height (m).
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The carbon content for each diameter category was obtained by the following equation:

Dccc = Acc ∗ NT (7)

where Dccc is the carbon content by diameter category (Mg), Acc is the carbon content per tree (Mg),
and NT is the number of trees of the corresponding diametric category.

The carbon content per hectare was obtained by adding the carbon content from all the diametric categories.

2.5.5. Carbon Sequestration Rate

After calculating the carbon content per hectare and after having determined the volumetric
increments, the carbon capture rate for each stand was determined, considering that the increment
parameter refers to the volume increase per unit time. Once the amount of biomass that this forest
can generate in a certain time period was obtained, the carbon stored was calculated using the
following equation:

CSR =
(
CC /Vs

) ∗ CAI (8)

where CSR is the rate of carbon sequestration per hectare per year (Mg), CC is the carbon content
(MgC ha−1), Vs corresponds to the volumetric stocks (m3 ha−1), and CAI is the current annual
increase (m3).

3. Results

3.1. Forest Zoning and Field Information

Of the total area studied, eight stands were identified, with Abies religiosa covering an area of
1229.65 hectares. The rest of the area (603.35 hectares) corresponds to rock formations and other types
of vegetation such as Quercus, Juniperus, and grassland. The study was addressed to Abies religiosa
since it is the conservation species of interest in this protected area (Figure 2).

Figure 2. Forest zoning obtained through the analysis of satellite images in combination with altitude
information, orientation, and slope.
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The Table 1 show the values of the NDVI together with the land orientation, as well as the slope
range that exists in each one of the stands, for which the criteria for the realization of the forest zoning
were the values of NDVI, orientation, and species composition.

Table 1. Criteria and values used for forest zoning.

Stand
NDVI

Orientation Slope Species Composition
Mean Min Max

1 0.3495 0.1764 0.4350 North 10–25◦ Abies
2 0.3709 0.2043 0.4681 North 10–25◦ Abies
3 0.3678 0.3016 0.4806 Southeast 10–25◦ Abies
4 0.3900 0.2004 0.4613 Northwest 10–25◦ Abies
5 0.3849 0.2773 0.4510 Northwest 10–25◦ Abies-Quercus
6 0.3603 0.2751 0.4360 North 10–25◦ Abies-Quercus
7 0.3849 0.3228 0.4228 East 10–25◦ Abies-Quercus
8 0.3441 0.2841 0.4064 Northwest 4–9◦ Abies-Pinus-Quercus

Other * 0.2753 0.0228 0.3990 - - -

* Refers to other uses or plant formations, “-“ refers to not obtained.

3.2. Volumetric Stocks

The total volume is 757,681.69 m3, and the average volumetric stock per hectare is 616.18 m3.
Table 2 details the Abies religiosa volumes for each stand.

Table 2. Volume in m3 per stand.

Stand
Surface

(Hectares)
Number of
Trees ha−1

Basal Area
m2 ha−1

Volumetric Stocks
m3 ha−1

Volumetric Stocks
m3 Stndl−1

1 263.43 220 47.37 771.57 203,252.50
2 194.20 210 35.18 716.46 139,139.25
3 153.63 210 32.63 672.41 103,299.63
4 223.27 282 40.44 789.37 176,238.35
5 178.26 140 22.02 462.22 82,392.82
6 203.92 70 11.86 239.33 48,805.67
7 3.29 270 36.84 727.16 2524.82
8 9.66 140 12.37 223.86 1770.21

Stands 1, 2, 3, 4, and 7 have a density of more than 200 trees per hectare, a basal area greater than 30 m2, and a volume
that exceeds 670 m3 ha−1. Stands 5, 6, and 8 have densities of less than 150 trees per hectare and volumes below
470 m3 ha−1, which is due to the presence of disturbances such as forest fires and pests that have affected the density
per unit area.

3.3. Volumetric Increment

Table 3 presents the results of the calculation of volumetric increase, for which we considered
the records of 165 trees. It can be observed that stands 4, 5, and 6 present smaller times of passage in
relation to the rest of the stands, probably due to the age and density of the forest mass. The highest
productivity is found in stands 1, 4, and 5, where the area of these stands also influences the result.

Table 3. Result of calculating volumetric increments.

Stand Sampling Plot Step Time Average Drilled Trees
Current Annual Increase

m3 %

1 4 19 20 6.616 3.007
2 3 22 15 4.440 2.114
3 4 24 20 4.870 2.319
4 9 17 45 7.077 2.508
5 5 16 25 5.261 3.758
6 4 15 20 2.605 3.722
7 2 23 10 4.662 1.554
8 2 26 10 1.164 0.831
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3.4. Carbon Content

The estimate of the total carbon content is 130,004.02 Mg, with an average per hectare of
105.72 MgC. The results for each stand are shown in Table 4.

Table 4. Carbon content per hectare and per stand in megagrams.

Stand Surface ha−1 Content of C ha−1 (MgC) Content of C Stand−1 (MgC)

1 263.43 164.25 43,268.71
2 194.20 110.92 21,540.97
3 153.63 100.44 15,430.38
4 223.27 129.55 28,925.22
5 178.26 70.95 12,646.44
6 203.92 36.25 7392.48
7 3.29 120.68 396.63
8 9.66 41.72 403.18

3.5. Carbon Sequestration

The result for the carbon capture rate in the Abies religiosa aerial biomass is 1267.66 MgC yr−1,
considering the studied area, with an average of 1.03 MgC yr−1 per hectare.

Stands 1 and 4 have higher volumetric increments. Consequently, the sequestered carbon is higher
in relation to the rest of the stands (Figure 3), and this can be attributed to the north orientation of the
surface where the insolation is less and more moisture is available. Stand 6 is located in a transition
zone with the presence of other tree genres that were not counted but that compete with the Abies,
decreasing its density, due to the fact that the volume and increase of biomass is reduced. Stand
8 presents a situation similar to the previous stand, only in this case the mixture of genera is due to
anthropic activities (reforestation).

 

Figure 3. Annual carbon sequestration per hectare in megagrams.

Carbon sequestration in stand 1 is the one with the highest catch mainly due to the surface
area and annual increment, followed by stand 4. The strata with the least carbon sequestration are the
ones with the lowest surface area and the lowest density of trees (Figure 4).
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Figure 4. Annual carbon capture above-ground per stand.

4. Discussion

4.1. Carbon Content

The area of study corresponds to a protected area decreed in 1898, in which the conservation
policies that prevent the modification of the forest structure have caused the longevity of this
mass, placing it in the last stage of development (old fustal), and this is derived from the age
and diameters present. Diameters greater than 1.10 m were recorded, while the smallest diameter
registered was 7.5 cm. On average, the number of trees per hectare is 193, with a volume of 616.18 m3.
Table 5 presents comparative information of estimated carbon in protected areas with the presence of
Abies religiosa.

Table 5. Comparison of studies in protected forests where they have calculated the carbon content in
aerial biomass in Abies religiosa.

Author Place of Study Status of the Area Species
Carbonor Estimated

Mg ha−1 Observations

Present study Hidalgo,
Mexico Protected Abies religiosa 105.72 Long-lived forest mass and

scarce natural regeneration.

[51] Mexico City,
Mexico Protected Abies religiosa 117.00

The author makes reference to
3 associations Abies religiosa

with shrub and/or herbaceous
species. It is not mentioned the

method to determine the
carbon content.

[52] Mexico City,
Mexico Protected Abies religiosa 136.41 A conserved forest was studied.

[53] Hidalgo,
Mexico Protected Abies religiosa 138.62

The author details 3 carbon
scenarios for this type of forest,

in which include disturbed
areas, the area studied was

212.95 hectares.

[54] Veracruz,
Mexico Protected Various

conifers 146.30

It is a protected forest,
the authors detail scenarios
where the species of Abies
religiosa is combined with

other conifers.

[55] Mexico State,
Mexico Protected Abies religiosa 163.62

A similar methodology was
used to calculate the

carbon content.
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There are several hypotheses about the carbon content in forest ecosystems. This storage is
dependent on the amount of existing biomass, which depends on the age, diameter, and height of
the trees. When woodland density is affected or altered for some cause such as: pests, diseases,
forest fires, clandestination, or harvesting, the carbon content per unit area is also altered [56].
The silviculously managed forests have young stands as a result of the application of silvicultural
treatments [57], where the stands with a higher density and basal area are those containing more
volume of above-ground biomass, and consequently, more carbon content.

The records consulted about carbon contents in protected temperate forest are
≥115 MgC ha−1 [51–55], whereas this study estimated more than 105.72 MgC ha−1. These differences
can be attributed to several factors such as the quality of the site studied, and the density and age of
the trees, among others. Unlike the preserved forests, disturbed forests contain less carbon, due to the
affected forest mass. Aguirre et al. [57] mentions that for a managed forest of Pinus patula with an
orientation that is contemporary, the content is 63.98 MgC ha−1.

In the case of protected forests or silvically managed forests, the ecosystem service of carbon storage
is fulfilled, whereas in the case of harvested forests, the carbon content is lower and mainly depends on
applied silvicultural treatments. For the production of coetaneous masses, the content is variable and
dependent on the age, diameter, height, and density of the trees in a given stand. The present study
considers there to be 48% more carbon content in El Chico than the data provided by Aguirre et al. [57].
Masera et al. [58] mentions that managed forests with a temperate climate contain 118 MgC ha−1 or 10%
more than the estimated data in this study. The differences between Aguirre and Masera information can
be mainly attributed to the applied silvicultural system (intensive or conservative).

4.2. Carbon Sequestration

Forest ecosystems sequester carbon and are considered as an option for the mitigation of the
effects of an increasing atmospheric CO2 load [59–62]. The potential for carbon of any forest species
depends on the maximum amount of biomass it can produce per unit of time. In species of accelerated
growth, this parameter is relatively fast reached, whereas in species with a slow growth, the period of
time required to reach the maximum biomass content is longer, and consequently, carbon sequestration
is higher [63].

The volumetric increases represent the parameter which is able to determine the rate of carbon
sequestration, and for the case presented in this study, the Abies religiosa forest captures 1.03 MgC
ha−1 yr−1, which is equivalent to 3.78 MgCO2 ha−1 [64], with an annual average increase of 2.92%.
Because it is located within a protected area, the forest mass has not been altered, which has caused
the increment curve to decline. As the age of the mass increases, the increments decrease [45], and as
a consequence, the potential for carbon capture is also affected.

Compared with protected forests, sustainably harvested forest areas capture more carbon [65],
which is mainly due to the management of the age factor within the masses. Similarly, the use of
harvested biomass for the production of long-lasting products retains carbon for long periods of
time [66,67]. There are records of carbon capture in managed forests that exceed the results obtained
in this study. Liu et al. [68] estimated net biomass productivity for forests in the Appalachian region
where the forest harvest exists, and reported data ranging from 1.8 to 6.2 MgC ha−1. Zhang et al. [69]
estimated a value of 2.4 MgC ha−1 captured for a Massonian Pinus forest in China. For the specific
case of Abies religiosa with the information of Manzanilla et al. [70], we can estimate 3.1 MgC ha−1.
The differences between these investigations and the estimated rate in this study can be attributed
to factors such as: forest management, location of the studied area, and species, among others.
Navarro et al. [65] mentioned that these results cannot be cofrontable since they correspond to different
ecosystems, each with their own particularities.

Unlike carbon content, the rate of sequestration is influenced by forest management techniques;
in protected forests, the amount of stored carbon is higher, but the catch rate is reduced.
With sustainable forest management practices, this difference can be balanced.
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Forest management should be included in protected forests, and it is desirable to consider aspects
that relate the conservation of species and their habitats with the carbon storage outside forest areas.
The extraction of biomass for the elaboration of long-lasting products such as furniture or infrastructure
is a way to reduce the risk of leakage within this type of ecosystem, reducing the carbon content inside
a warehouse, so that emissions risks are reduced and capture is encouraged by stimulating increases
in forest mass in order reach the maximum biomass production potential.

5. Conclusions

The methodology used for the evaluation of a protected forest of Abies religiosa as aerial carbon
storage and its capture capacity is adequate and reproducible in areas with similar conditions where it
is not possible to use destructive methods. The use of high resolution satellite images combined with
the analysis of physical aspects of the terrain allowed for detailed zoning directly related to the density
of the forest mass, and its amount of biomass and carbon.

The results presented denote that the amount of carbon stored above-ground is directly related
to the density and degree of disturbance. In this case, because it is a protected forest where the
silvicultural activities are restricted, the productivity of the mass is lower, and consequently, the rate of
carbon sequestration decreases.

The quantified carbon additionality is a parameter that depends on several factors, for which the
age of the forest mass is considered one of the most important, and in the young and vigorous forests,
the rate of sequestration is higher than in forests of advanced stages of development. In this study,
Abies religiosa caught 1.03 MgC ha−1 yr−1, with an annual average increase of 2.92%.

The implementation of silvicultural techniques governed by forest management with correct
principles, foundations, and objectives greatly contributes to the reduction of atmospheric carbon.
Within protected forests, the application of forest management techniques makes it possible to
obtain sustainable forests and maximize the potential of forest soils to increase this important
ecosystem service.
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Abstract: Net primary productivity (NPP) is an important component of the terrestrial carbon
cycle. In this study, NPP was estimated based on two models and Moderate Resolution Imaging
Spaectroradiometer (MODIS) data. The spatiotemporal patterns of NPP and the correlations with
climate factors and vegetation phenology were then analyzed. Our results showed that NPP derived
from MODIS performed well in China. Spatially, NPP decreased from the southeast toward the
northwest. Temporally, NPP showed a nonlinear increasing trend at a national scale, but the
magnitude became slow after 2004. At a regional scale, NPP in Northern China and the Tibetan
Plateau showed a nonlinear increasing trend, while the NPP decreased in most areas of Southern
China. The decreases in NPP were more than offset by the increases. At the biome level, all vegetation
types displayed an increasing trend, except for shrub and evergreen broad forests (EBF). Moreover,
a turning point year occurred for all vegetation types, except for EBF. Generally, climatic factors and
Length of Season were all positively correlated with the NPP, while the relationships were much
more diverse at a regional level. The direct effect of solar radiation on the NPP was larger (0.31) than
precipitation (0.25) and temperature (0.07). Our results indicated that China could mitigate climate
warming at a regional and/or global scale to some extent during the time period of 2001–2014.

Keywords: net primary production; spatiotemporal patterns; climate change; phenology; China

1. Introduction

Net primary productivity (NPP) is the net amount of carbon accumulated by plants in a given
period, and has been regarded as one of the main components of the carbon cycle [1]. Due to a variety
of direct and/or indirect anthropogenic activities (e.g., land clearing and conversion) and nature
disturbances (e.g., fire, pests) as well as global and regional climate change, forested ecosystems have
undergone substantial changes in cover and have increasingly shown declines in health over recent
decades [2,3]. As a sensitive indicator of forest cover, function and health, NPP loss may affect the
composition of the atmosphere, fresh water availability, biodiversity [4,5], and the ecological adjusting
mechanism of energy supply and distribution [6].

Quantifying the inter-annual variability in NPP and the interactions with climate factors would
help us understand the terrestrial carbon dynamics and underlying mechanisms in responses to climate
change [7]. Recently, many studies have been undertaken on the spatiotemporal variation of NPP and
its relationship with climate factors on global and regional scales using a range of approaches from
observational [2,8,9] to a suite of remote sensing based methods [10,11]. However, the NPP results
were diverse in trends and magnitudes, even in the same region among models [10,12] due to different
inputs. Moderate Resolution Imaging Spaectroradiometer (MODIS) annual NPP products have been
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widely used [13,14]; however, uncertainties from inputs and the algorithm resulted in biases and
restrained data use regionally or globally to some extent. For instance, 70–80% accuracy of MODIS
land cover products (MOD12Q1) are an assimilated meteorological dataset, not observed data with
coarse spatial resolution, the cloud-contaminated MODIS FPAR/LAI (MOD15A2), and weaknesses
in the MOD17 algorithm [15,16]. Therefore, it is essential to compare MODIS derived NPP to
other models and/or field observed NPP, especially for China, which encompasses a wide range
of ecosystems and climates. In addition, the responses of different ecosystems to different magnitudes
of climate change are still far from clear, especially in China [17]. Moreover, few studies [12] have
investigated the effect of solar radiation as an integrated surrogate for the effects of both day length
and sunlight intensity [18] on vegetation NPP, especially when temperature and precipitation are
considered simultaneously. In addition, previous studies have shown that vegetation phenology,
an important factor that affects plant productivity, has changed dramatically due to climate changes
and anthropogenic interference [19], but only a few studies have explored the effect of phenophase
variation on NPP [20]. At present, due to the diversity of the trends and magnitudes of vegetation
phenophases at different scales, its effects on NPP are still unclear, especially in China, where the
vegetation phenophases are diverse at both the regional and biome levels [19]. Furthermore, a linear
regression method has been applied by most studies to analyze NPP trend [10,21] despite the trend
always showing a non-linear trend, or has one or more turning points within the time period [22,23].
These limitations and/or gaps have impeded our understanding of the dynamic relationship and
consequently researchers may have underestimated future changes in plant productivity and/or the
carbon cycle throughout China.

China encompasses a variety of ecosystems and climates. The regional climate ranging from
tropical to cold-temperate, and from humid in the south to extremely dry in the northwest [24].
Land cover types are diverse, including a broad range of tropical, temperate and boreal forests,
grassland, cropland and desert [25]. In recent decades, China has experienced dramatic changes in
climate such as remarkably strong El Niño events [26], the freezing low temperatures in early 2008 [24],
and frequent occurrences of severe droughts [27]. Meanwhile, land use and land cover changes have
occurred at unprecedented rates due to quick economic development, dramatic urbanization [28],
and implementation of several large scale forest plantation programs [29]. These changes have resulted
in large variations in China’s terrestrial ecosystem productivity and have definitely adjusted the
terrestrial carbon cycle in China [30]. However, whether the temporal trend of NPP continuously
increased or decreased during the study period is still unclear given the possible changes of climate
derivers and anthropogenic activities. Additionally, the correlations between NPP and climate derivers
as well as vegetation phenophases in recent decade still remain unclear [31].

Due to climatic variability, topographic complexity, natural ecosystem diversity, and intensive
human disturbance, China is becoming one of the most critical and sensitive regions in the global
carbon cycle for determining the carbon budget at regional and global scales. Furthermore, it provides
a good opportunity to identify the effects of climate change on NPP to forecast the potential biosphere
feedback to nature in the climate system.

Therefore, two simple models were applied to estimate NPP and the results accompanied by
MODIS derived NPP were all compared with the field observed NPP. Then, the results that showed
less biases with the field observed NPP were selected to analyze the vegetation NPP dynamics and
its relationship with both climate and vegetation phenology in China. More specifically, the authors
aim was to (1) explore which model’s result was more accurate, and the quantity of uncertainty of
MODIS derived NPP in China; (2) understand the spatial pattern of NPP, and investigate whether the
temporal trend of NPP was continuously increasing or decreasing in China for the period 2001–2014
given climate change and anthropogenic activities; and (3) estimate the effects of climatic driving
factors and vegetation phenology changes on vegetation NPP.
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2. Materials and Methods

2.1. Study Area

The study focused only on Mainland China. The climate in China is extremely diverse, ranging from
tropical regions in the south to subarctic in the north [11]. Therefore, the whole study area was
divided into three sub-regions (Figure S1) according to the climatic regionalization of China [32]:
(1) Northern China, with mean annual temperature ranges from −4 ◦C to 14 ◦C and total annual
precipitation ranges from 200 mm in the northwest to 1000 mm in the southeast; (2) Southern China,
where mean annual temperature ranges from 14 ◦C to 22 ◦C and total annual precipitation ranges
from 1000 to 2000 mm [33]; and (3) the Tibetan Plateau, which has been called the Third Pole of the
World, with an average altitude close to 4000 m above sea level, a mean annual temperature ranging
from −5 ◦C to 12 ◦C and precipitation ranging from >800 mm to <200 mm [34].

2.2. Dataset and Data Processing

2.2.1. Annual Net Primary Productivity (NPP)

NPP derived from MODIS from 2001–2014 in China were used (MOD17A3, 1 km), which have
been further used as an important data source for plant productivity monitoring and assessment [35].
The MODIS annual NPP algorithm relies on the summation of the daily estimation of Gross Primary
Productivity (GPP) computed globally minus growth and maintenance respiration [14]. To estimate
annual NPP, first, the daily estimates of maintenance respiration for leaves and fine roots are subtracted
from the daily GPP values. These daily reduced GPP estimates are then summed for each year,
and estimates for annual maintenance respiration of living wood tissue and annual total growth
respiration are subsequently subtracted, resulting in annual NPP estimates. Full details of the
algorithm in MODIS derived NPP can be found in Reference [14]. However, due to the deficiencies
and uncertainty of MODIS derived NPP as above-mentioned, the Miami model and Thornthwaite
Memorial model were applied in this study, as they are simple to operate with only a few parameters
that were easy to obtain, and have a higher spatial and temporal resolution of climate data in China.
Additionally, they have previously been applied in China [11,13]. The Miami model is calculated as
follows (Equations (1)–(3)):

NPPT,P = min{ f1(T), f2(P)} (1)

f1(T) =
k1

1 + ek2 − k3 × T (2)

f1(P) = k4 ×
(

1 − e−k5 × P
)

(3)

where K1, K2 and K3 in Equation (2) are the temperature response parameters with values of 3000,
1.315 and 0.119, respectively and T is the annual average temperature (◦C); K4 and K5 in Equation (3)
are the precipitation response parameters with values of 3000 and 0.000664, respectively, and P is the
annual average precipitation (mm). The parameters of Ki (i = 1, 2, . . . , 5) were calculated using the
least squares method based on the field testing of NPP, and the relative temperature and precipitation
collected at 50 locations scattered across five continents [36].

The Thornthwaite Memorial model is expressed as follows (Equations (4)–(6)):

NPP = 3000 ×
(

1 − e−0.0009695 × |v − 20|
)

(4)

v =
1.05 × R√

1 + (1 + 1.05 R
L )

2
(5)

L = 3000 + 25 × T + 25T3 (6)
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where v represents the mean annual actual evapotranspiration (mm); L represents the mean annual
evapotranspiration (mm); and T and R represent the mean annual temperature and mean annual
precipitation, respectively.

Due to the different inputs and parameters in the three models, all the estimated NPP results
were compared with the field observed NPP (Table S1), which was calculated from flux tower data
based on the eddy covariance method, a micrometeorological method with high-frequency data
collection. This method provides direct measures of net carbon fluxes between vegetated canopies
and the atmosphere over short and long timescales with minimal disturbance to the underlying
vegetation. The observation data were collected from ChinaFLUX sites [37] directly and indirectly from
the literature. High-precision CO2 concentration measurements and surface carbon flux measures,
made at eddy covariance measurement sites, can be used to improve and validate the algorithms
being used by remote sensing and ecosystem models [38]. The observations almost covered the typical
ecosystem types in China. Therefore, observations from carbon flux data were applied as a reference to
compare the results from the three models. Sites only having one year, the corresponding yearly data
for observations, and three simulated values were used directly; and for sites longer than one year,
the corresponding multi-year averaged data were applied. Next, two statistical indicators, namely root
mean square error (RMSE), and mean absolute error (MAE), were used to evaluate the performance
of each method above-mentioned. The best estimated result was then considered in the following
analysis of the NPP relationship with climatic factors and vegetation phenology. The two statistical
indicators were calculated as follows (Equations (7) and (8)):

RMSE =

√
∑n

i = 1(NPPi − NPP∗)
n

(7)

MAE =
1
n ∑n

i = 1 |NPPi − NPP∗| (8)

where NPPi is the estimated NPP, NPP∗ is the field observed NPP; and n is the sample size.

2.2.2. Climate Data and Phenology Extraction

Monthly meteorological data from 2001–2014, including temperature, precipitation, and solar
radiation, were acquired from the China Meteorological Data Sharing Service System (downloaded
from [39]) All meteorological data used in this study were verified by China’s Meteorological
Information Center (located in Beijing, China) [40], thus false or missing data from some of the stations
were eliminated [11]. There are 653 meteorological stations recording temperature and precipitation
data (301 in Northern China, 258 in Southern China, and 94 in the Tibetan Plateau), and 99 stations
recording solar radiation (50 in Northern China, 38 in Southern China, and 11 in the Tibetan Plateau;
Figure S2). The Kriging method was used for the spatial interpolation of climate data across the study
area [41].

Vegetation phenology metrics (Start of Season (SOS) and End of Season (EOS) for each year) were
extracted using TIMESAT software (which is widely used for simulating vegetation phenology [42,43])
by applying the Savitzky–Golay (S–G) method to generate smooth time-series MODIS EVI data.
We adopted an adaptation strength of 2.0, no spike filtering, seasonal parameter of 0.5, S–G window
size of 2, and amplitude season start and end of 20% to calculate the phenology parameters. Length of
Season (LOS) was calculated as the difference between the SOS and EOS values.

2.2.3. Land Cover Data

A 1-km spatial resolution land cover product, MOD12Q1, was applied in this study to analyze
NPP and its variation across vegetation types. The MOD12Q1 land cover dataset which was extensively
applied to monitor land use and land cover change [44], is mainly based on the International
Geosphere–Biosphere program (IGBP) classification system that obtains a classification algorithm of
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the decision tree and artificial neural network [45]. The MOD12Q1 land cover classes were further
reclassified into seven major land cover classes (Figure S1) in the present study: evergreen needle-leaf
forest (ENF), evergreen broadleaf forest (EBF), deciduous needle-leaf forest (DNF), deciduous broadleaf
forest (DBF), farmland grassland and meadow (GM), and shrubs. However, the data only reflected the
land cover classifications and could not consider changes in land cover that occurred over our study
period. It was estimated that vegetation changes might be relatively stable over a short time period of
approximately 10 years at a regional or global scale [42].

2.3. Data Processing

2.3.1. Trend Analysis and Turning Point Year Detection

The trends of NPP during 2001–2014 were calculated at both pixel level and regional level. Due to
autocorrelation among the inter-annual time series data, a robust non-parametric Mann–Kendall (M–K)
trend analysis [46] was applied. This method did not require the independence and normality of the
time series data [47], which has been widely used in trend analysis [19]. Previous studies have reported
that the M–K test statistic Z was approximately normally distributed when the sample size was n ≥ 8.
A positive or a negative Z value indicated an increasing or a decreasing trend respectively, which were
all monotonic [46]. The formulas for the M–K method are described in detail in Reference [46].
In addition, trends of the NPP were tested at a significance level of α = 0.05.

The Theil–Sen median slope estimator was applied to estimate the rate of change of NPP,
which was more appropriate for assessing the rate of change in short or noisy time series [48].
The Theil–Sen median slope was computed as (Equation (9)):

βi = Median(
xj − xk

j − k
) for i = 1, . . . , N (9)

where xj and xk are the data values at times j and k (j > k), respectively.
To detect the timing and magnitude of NPP changes, a linear regression model and a piecewise

linear regression model (Equation (10)) were used. This method has been widely used [41,49] as it can
detect potential turning points (TPs) in a trend of time-series data. In addition, TP was limited to the
years 2004 to 2010 to avoid obtaining a too-short segment before or after the TP [50]. The maximum
number of TPs was specified as one given that too many TPs would make the result more complex
and thus create more uncertainty in the understanding of NPP trends [23]. The models used were:

Y =

{
β1 × t + β0 + ε (t ≤ α)

β1 × t + β2 × (t − α) + β0 + ε (t > α)
(10)

where Y is the NPP; t is the year; α is the turning point of the NPP time series; β0 is the intercept; β1 is
the magnitude of the NPP trend before the TP; (β1 + β2) is the magnitude of the NPP trend after the
TP; α is the year of the TP; and ε is the residual random error.

The two models were then fitted to the NPP time-series data using the least-squares method,
and the Akaike Information Criterion (AIC) [51] was used to determine whether the TPs were
significant as it provides a means for model selection [41,51]. The AIC values of these two models
were calculated as (Equation (11)):

AIC = n × log (
RSS

n
) + 2k +

2k(k + 1)
n − k − 1

(11)

where RSS is the residual sum of squares for the estimated model; k is the number of parameters; and n
is the sample size.
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Finally, ΔAIC was defined as the difference of the AIC2 of the piecewise linear regression model
(model 2) and the AIC1 of linear regression model (model 1); if the ΔAIC was less than −2, then model
2 was significantly preferred [8].

2.3.2. Correlations Relating Climatic Factors, LOS and NPP

Partial correlation analysis was used to explore the relationships between NPP and climatic factors
(mean annual temperature, annual cumulative precipitation, and annual cumulative solar radiation
from 2001–2014) as well as LOS, which excluded the effects of other variables. The significance of the
correlation coefficients was tested at a significance level of 0.05.

To understand the direct and indirect effects of climatic factors, LOS on NPP variation (excluding
multi-collinearity between climatic factors and LOS), a structural equation model (SEM) with
standardized data was applied to examine the influences of climate and LOS change on NPP variation.
The SEM was initiated by including all possible relationships. The least significant relationship was
then removed stepwise until all relationships were significant and the fit of the model did not increase
further [52]. SEM was conducted by the “sem” R package [53], which was then visualized by the R
package “semPlot”.

3. Results

3.1. Accuracy Assessment of NPP Estimation

The accuracy of three modeled NPP results (MODIS derived, the Miami model, and the
Thornthwaite Memorial model) were assessed by a comparison with the in situ observations. Validation
analysis indicated that the modeled NPP results were all very significantly (Figure 1; p < 0.01) correlated
with the in situ NPP measurements. The R2 value for the MODIS derived NPP was 0.39, which was
higher than that of Miami model (R2 = 0.27) and the Thornthwaite Memorial model (R2 = 0.28).
Furthermore, the RMSE and MAE deceased to 0.19 kg C m−2 a−1 and 0.14 kg C m−2 a−1, respectively
for the MODIS NPP data compared to 0.29 kg C m−2 a−1 and 0.23 kg C m−2 a−1 for the Miami model,
as well as 0.31 kg C m−2 a−1 and 0.26 kg C m−2 a−1 for the Thornthwaite Memorial model, respectively.
The results demonstrated that the NPP derived from MODIS had an improved performance of NPP
simulation by increasing R2 by 46.18% and 40.46% when compared with the Miami model and
Thornthwaite Memorial models, respectively. In addition, the NPP derived from MODIS decreased the
relative RMSE and MAE by 34.01% and 38.34%, respectively, when compared with the Miami model,
and by 39.71% and 45.88%, respectively, when compared with the Thornthwaite Memorial model.

3.2. Spatial Pattern of NPP

The spatial pattern of mean annual NPP derived from MODIS for the period 2001–2014 is shown
in Figure 2a. The spatial pattern of annual NPP was uneven, which showed gradients decreasing
from the south to the north and from the east to the west. The highest value occurred in Southern
China, with values generally higher than 0.6 kg C m−2 in most of that area. In contrast, annual NPP
was usually lower than 0.2 kg C m−2 in the Tibetan Plateau. For the remaining regions, annual NPP
ranged between 0.2 and 0.6 kg C m−2. The standard deviation (Figure 2b) shows a similar spatial
pattern with mean annual NPP. The highest value (more than 0.05 kg C m−2) was mostly distributed
in Southern China. The values in Northern China ranged from 0.02–0.05 kg C m−2, with the exception
of the northern and eastern parts of Northeast China, which was more than 0.05 kg C m−2. The lowest
standard deviation value was found in the Tibetan Plateau, with values mostly less than 0.02 kg C m−2.
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Figure 1. Comparison between the in situ Net Primary Productivity (NPP) site observations and NPP
derived from MODIS (a); Miami model (b); and Thornthwaite Memorial model (c).

 
Figure 2. Spatial distribution of mean Net Primary Productivity (NPP) (a) and standard deviation
(b) in China between 2001–2014.
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At the biome level, NPP differs in terms of vegetation types (Figure 3). Generally, forest ecosystems
have a higher annual NPP than grassland (p < 0.001). Among the forest ecosystems, evergreen forests
show a higher NPP than deciduous forests (p < 0.001). The highest NPP was found in EBF,
with an average annual value of 0.975 ± 0.362 kg C m−2, which was almost twice that of
the DBF (0.542 ± 0.301 kg C m−2) and DNF (0.329 ± 0.103 kg C m−2). ENF had the second
largest NPP (0.605 ± 0.277 kg C m−2), followed by Farmland (0.422 ± 0.159 kg C m−2) and Shrub
(0.317 ± 0.273 kg C m−2), respectively. Grassland had the lowest annual NPP, with an average value
of 0.162 ± 0.196 kg C m−2.

 

Figure 3. Mean annual Net Primary Productivity (NPP) for each vegetation type over 2001–2014.
The error bar in each column indicates the standard deviation. Different lowercase letters indicate
significant differences in NPP among vegetation types (one-way ANOVA and t-test, p < 0.001).

3.3. Temporal Trend of NPP

Figure 4 details the temporal trends in annual NPP across China. Over a 14-year period
(2001–2014), 17.69% of total pixels displayed either significantly increased or decreased trends
(Figure 4b; p < 0.05) in the whole study region. Pixels with a positive (i.e., increased NPP) trend in NPP
accounted for 78.94% of the total pixels, and 15.18% of the total pixels exhibited a significantly positive
trend (Figure 4b,c; p < 0.05). The increasing rate of NPP in China mainly occurred between 0 and
0.4 × 10−2 kg C m−2 a−1 (Figure 4c). At a regional scale, 79.15% of the total pixels showed a positive
trend in Northern China, and the increasing rate was mostly distributed in 0–0.6 × 10−2 kg C m−2 a−1

(Figure 4d). Similarly, 88.12% of the total pixels displayed an increasing trend in the Tibetan Plateau,
where an increasing magnitude mostly occurred at 0–0.4 × 10−2 kg C m−2 a−1 (Figure 4f). In contrast,
negative trends occurred in 57.64% of the total pixels in Southern China, with an absolute magnitude
mainly ranging from 0.2 × 10−2 kg C m−2 a−1 to 0.8 × 10−2 kg C m−2 a−1 (Figure 4e).
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Figure 4. Trends in annual Net Primary Productivity (NPP) within China between 2001 and 2014 (a);
and pixels with significant (p < 0.05) and very significant (p < 0.01) trends are shown in (b). The count
distributions of NPP trends in China (c); Northern China (d); Southern China (e) and the Tibetan
Plateau (f) are also shown. A positive trend indicated an increase in NPP and vice versa; DS and
DVS represent decreased significantly and very significantly, respectively; and IS and IVS represent
increased significantly and very significantly, respectively. The red lines in figures (c), (d), (e) and (f)
represent boundary for negative slop and positive slop.
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3.4. Turning Point Year of NPP

3.4.1. Turning Point Year of NPP at National and Regional Scale

To clarify the characteristics of the NPP trends, the averaged trends of the NPP and the turning
point year at national and regional levels were calculated over the study period (Figure 5). At the pixel
scale, 87.26% of the total pixels showed abrupt changes in inter-annual NPP variation (ΔAIC < −2;
Figure S3b), most of which appeared at year 2004 or year 2010 (which may also have been caused by
criterion we set up in the calculation), accounting for 29.36% and 31.78%, respectively (Figure S3a).
At a national scale, the linear regression model suggested an increasing trend of 0.0007 kg C m−2 a−1

(p = 0.3118) from 2001 to 2014 (Figure 5a). However, two distinct periods were clearly identified by the
piecewise linear regression model: a trend change from a marginal significant increasing trend of 0.0104
kg C m−2 a−1 (p = 0.0746) before 2004 to a non-significant increasing trend of 0.0012 kg C m−2 a−1

(p = 0.2775) after 2004 (Figure 5a). The information criterion of the piecewise regression model was less
than that of the linear regression model (ΔAIC = −3.1797). At a regional scale, a marginal significant
increasing trend of 0.0025 kg C m−2 a-1 (p = 0.0509) in Northern China was found, and the turning point
year occurred in 2010 (ΔAIC < −2). However, the increasing trends were all non-significant before and
after 2010, with a rate of 0.0006 and 0.0068 kg C m−2 a−1, respectively (Figure 5b). In Southern China,
a rate of −0.0007 kg C m−2 a−1 (p = 0.6559) was found for annual NPP variation, and a turning point
year occurred in 2010 (ΔAIC < −2). However, the variation trend was opposite (Figure 5c). Although a
significant increasing trend of 0.0016 kg C m−2 a−1 (p < 0.01) was found in the Tibetan Plateau over
the past 14 years (Figure 5d), the increasing trend slowed down after 2006 (ΔAIC < −2).

Figure 5. Inter-annual variations of Net Primary Productivity (NPP) in China at national level (a) and
regional level (Northern China (b); Southern China (c); and the Tibetan Plateau (d)). Trends estimated
by the least-squares linear regression are shown. The blue and pink lines indicate the linear fit before
and after the turning year, respectively. The red line indicates linear fit during the period 2001–2014.
TP represents the turning point year.
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3.4.2. Turning Point Year of NPP at Biome Scale

At the biome level, the variation of NPP was diverse (Figure 6). All vegetation types had
two clearly distinct periods over the study period (ΔAIC < −2), with the exception of the EBF
(ΔAIC = −1.9314) which only showed a non-significant decreasing trend of −0.0001 kg C m−2 a−1

(p = 0.9314) during 2001–2014. Farmland and grassland all increased, with a rate of 0.0011 kg C m−2 a−1

(p = 0.3734) and 0.0016 kg C m−2 a−1 (p < 0.01), respectively. In addition, the increasing trend before
2004 was larger than that after 2004 for both farmland and grassland. An increasing trend of NPP
was found for DNF, ENF, and DBF, but the opposite trend was found for shrub, despite a turning
point year occurring in 2010 (all ΔAIC < −2 and may also have been caused by the criterion we set
up in the calculation) for all above vegetation types. In addition, a decreasing NPP occurred for ENF,
DBF and shrub during 2001–2010, while an increasing NPP occurred for DNF during the same time
period. After 2010, the trend of these four vegetation types was all positive, despite the existence of
different magnitudes.

 

Figure 6. Inter-annual variations of Net Primary Productivity (NPP) in China at the biome level
(Farmland (a), Grassland (b), Deciduous needle-leaf forest (c), Evergreen needle-leaf forest (d),
Deciduous broadleaf forest (e), Shrub (f), and Evergreen broadleaf forest (g)). Trends estimated
by the least-squares linear regression are shown. The blue and pink lines indicate the linear fit before
and after the turning year, respectively. The red line indicates linear fit during the period 2001–2014.
TP represents the turning point year.
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3.5. Relationship Relating Climatic Factors, LOS and NPP

3.5.1. Correlation Analysis

Climatic factors were generally positively correlated with NPP on a national scale (Figure 7).
Positive partial correlations were observed for 62.66%, 70.79% and 57.60% of the total pixels with
temperature, precipitation, and solar radiation, respectively. The positive correlation coefficients
for the climatic variables ranged from 0.1–0.7. About 56.23% of the total pixels showed positive
partial correlations between NPP and LOS, and the positive partial correlation coefficient was mostly
distributed between 0.1 and 0.5.

At a regional level, 62.97% of the total pixels in Northern China displayed a negative relationship
between NPP and temperature, while precipitation, solar radiation and LOS all generally showed a
positive relationship with the NPP (Table 1). Over 57% of the total pixels in Southern China indicated
a positive relationship between the NPP and climatic factors as well as LOS. However, the relationship
in the Tibetan Plateau was diverse. Specifically, over 83% of the total pixels for temperature and about
58% of the total pixels for precipitation displayed a positive relationship with the NPP, while in general,
an opposite relationship occurred between the NPP and solar radiation. In addition, the relationship
between the NPP and LOS in the Tibetan Plateau was ambiguous.

Table 1. Partial correlation between the Net Primary Productivity (NPP) and climatic factors as well as
Length of Season (LOS).

Variable Relationship Northern China Southern China The Tibetan Plateau

Temperature
+ 37.03% 67.56% 83.14%
− 62.97% 32.44% 16.86%

Precipitation
+ 84.55% 62.04% 57.83%
− 15.55% 37.96% 42.17%

Solar
radiation

+ 66.93% 61.06% 34.75%
− 33.07% 38.94% 65.25%

LOS
+ 57.83% 57.56% 50.73%
− 42.17% 42.14% 49.27%

+ Represent positive relationship; − Represent negative relationship.
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Figure 7. The partial correlation coefficients and corresponding frequency distribution between the
NPP and temperature (a,b), precipitation (c,d), solar radiation (e,f) and LOS (g,h) in China from 2001
to 2014. The red lines in figures (b), (d), (f) and (h) represent boundary for negative relationship and
positive relationship.
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3.5.2. Structural Equation Models

Our structural equation model (SEM) did not detect a relationship between temperature,
precipitation and solar radiation, which indicates that there was a strong relationship among the
climatic factors, LOS and NPP. In the SEM (χ2 = 1.0138, d.f. = 5, p = 0.9614, AIC = 21.0138, BIC = −1815),
climatic factors explained a total of 23% of the variation in LOS, and temperature and solar radiation
had a positive effect on LOS, while precipitation had the opposite effect (Figure 8). Moreover, the effect
of climatic factors and LOS on NPP was 0.63, and explained a total of 56% of the variation in NPP.
Among the climatic factors, the direct effect of solar radiation on NPP was the largest (0.31), followed by
precipitation (0.25), and temperature (0.07).

Figure 8. Structural equation model relating climatic factors, Length of Season (LOS) and Net Primary
Productivity (NPP) in China. Single headed arrows indicate directional relationships, while double
headed arrows indicate covariances. Numbers in brackets are R2 values.

4. Discussion

4.1. Uncertainties in NPP Estimates

Net primary productivity (NPP), an indicator of the accumulation of atmospheric CO2 in terrestrial
ecosystems, plays a crucial role in global change [54]. The accurate estimation of NPP is a crucial
step for reliably quantifying carbon fluxes between the atmosphere and terrestrial ecosystems [31],
especially for regions with different topography and climatic conditions. Although deficiency and
biases exist in the MODIS derived NPP, the validation illustrated that the model applied by MODIS
was superior to the Miami model and Thornthwaite Memorial model, with an increased R2 value
and a decreased RMSE and MAE. The RMSE and MAE between the MODIS derived NPP and
observations were only 0.19 kg C m−2 and 0.14 kg C m−2, respectively. This indicated that the MODIS
derived NPP may be suitable for analysis with relatively low regional biases in China for the period
of 2001–2014 to some extent despite coarse global climate data applied in MOD17. Additionally,
it illustrated that the parameters input and algorithms may affect the results. For instance, the Miami
model is one of the first global empirical models that only utilizes temperature or precipitation in
the model [55], while the Thornthwaite Memorial model determines NPP for a particular location
as the actual evapotranspiration functions [36]. The interactions among climatic factors and other
influential factors such as vegetation types are not included in these two models [11]. Furthermore,
there is no mechanism to account for changing vegetation density in the two models [56]. However,
the model applied by MODIS incorporates biogeochemical principles in a mechanistic modeling
environment and the vegetation feedback to climate conditions through changes in Leaf Area Index
and absorbed radiation, and has the advantage of providing spatially continuous estimates with a
consistent methodology, which is important for any large-scale studies [35]. It should be noted that
NPP is not easy to measure and only 26 field sites were included in this study, which may cause biases
due to the larger study area. In addition, heterogeneity, stand density, and pixel resolution may also
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affect validation results. Therefore, increased observation sites and an extended observation period
has become essential for NPP estimation. Additionally, forest inventory data is the only data source
that provides large-scale consistent productivity assessments [57]. Therefore, the application of forest
inventory data rather than numerous field observed data in this study would be more preferable to
validate the suitability of MODIS NPP in China, and more efforts should be made in the future. What
is more, temporal analysis of match between models and observations based on a long time period
were also a good choice for NPP estimates and comparison.

4.2. Spatiotemporal Variation of NPP

In general, all three NPP estimates showed similar spatial patterns, with mean annual NPP higher
in the southeast and gradually decreasing towards the northwest (Figure 3 and Figure S2). This finding
was consistent with previous studies [10–12,58]. This may have been due to the climatic gradient
(e.g., temperature and precipitation) from the southeast to the northwest in China, which is more
favorable for vegetation growth in southern China [11,59]. The lowest NPP value in northwest China
and the Tibetan Plateau, which was consistent with References [10,11], may have resulted from low
temperature and the absence of precipitation. In addition, vegetation type was also a key factor that
affected NPP spatial distribution. In Southern China, the dominant vegetation type are evergreen
forests (Figure S1) which have a higher productivity than that of the grassland and desert vegetation
(Figure 4) distributed mostly in Northern China and the Tibetan Plateau. Productivity in the southeast
Tibetan Plateau was higher than that of other areas in the Tibetan Plateau as demonstrated by our
conclusion above.

The total amount of NPP increased at a rate of 0.009 Pg C a−1 in China from 2001–2014, which was
similar with Reference [10], who found a rate of 0.008 Pg C a−1 in China from 1999–2010. The decreases
in NPP over Southern China were more than offset by increases in NPP over Northern China and
the Tibetan Plateau. The overall increased NPP could help to mitigate climate warming at regional
scale and/or global scale to some extent. In terms of trend variation, a continually increasing trend
of NPP in China from 2001–2014 was found, despite the occurrence of a turning point year which
was similar with the previous finding in Reference [10]. This may be due to the fact that over the
past three decades, the central government of China has decided to combat severe environmental
degradation, including declining vegetation cover and expanding desertification [29]. To realize this
goal, the Three North Shelter Forest System project, the Beijing-Tianjin Sand Source Control Program,
and the Grain for Green Project [29] were implemented. Alternatively, as the turning point is related to
ENSO events/cycles, it is necessary to validate this conclusion in the future.

At a regional scale, NPP trends in China showed a prominent geographical heterogeneity.
The trends before and after the turning point year in Northern China and the Tibetan Plateau were
all positive. In contrast, the trend in Southern China was the opposite, which may have been due
to ecorestoration, forest/grassland protection, and reforestation in Northern China and the Tibetan
Plateau after 2000 [29]. However, in Southern China, freezing low temperatures in early 2008, the severe
drought in 2009 [31], and decreased solar radiation [12] may have all contributed to the decreasing
NPP. Due to the physiological and/or local environmental conditions, the trend and turning point
year among vegetation types were diverse.

4.3. Diverse NPP Correlations with Climate Drivers and LOS

Vegetation NPP is influenced by a variety of factors, and the primary one is climate-related.
Temperature, precipitation, and solar radiation are the main climate drivers for vegetation growth [59],
but the relationships vary with spatial scale. Nevertheless, limited efforts have been made to investigate
the relative roles of different climate variables in the NPP [10]. Generally, temperature has been
found to be positively correlated with the NPP at a national level, which is consistent with previous
studies [10,60]. This response may in part be related to the increased activity of photosynthetic
enzymes [61] and improved capacity for photosynthesis and growth [62]. However, the relationship
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between temperature and NPP in Northern China was negative. This may have resulted from higher
temperatures leading to increased water scarcity caused by accelerated evaporation, which would
work against vegetation growth, especially for arid and semi-arid areas in Northern China [49].
Additionally, the positive relationship between precipitation and NPP in Northern China illustrated
this conclusion. Precipitation showed a positive correlation with NPP at both the national scale and
regional scale, which may have occurred as more precipitation increases soil moisture, satisfying the
water requirements for vegetation growth and productivity increase, especially in late spring and
summer, which usually have higher temperatures and more evapotranspiration [63].

Little is known about the light-related physiological mechanisms that regulate NPP due to
the difficulty in distinguishing the effects of day length (i.e., photoperiod) and light intensity [18],
especially when studies are extended to consider their correlations with temperature and precipitation.
Therefore, in this study, solar radiation was considered as an integrated surrogate for both day
length and sunlight intensity [18] to investigate the effects of solar radiation on the NPP. A positive
correlation was observed between the NPP and solar radiation at both the national and regional scales,
except for a negative relationship which occurred in the Tibetan Plateau. Generally, increased solar
radiation provides sufficient materials and energy for vegetation photosynthesis and solar radiation is
typically accompanied by warmer temperatures and sufficient sunlight intensity, both of which can
enhance photosynthetic capacity and promote vegetation NPP. The negative correlations between solar
radiation and NPP in the Tibetan Plateau may be partly related to larger areas of melting seasonal
snow and permafrost soils caused by abundant solar radiation, leading to higher soil moisture content
and creating an anaerobic soil environment within the plant root zone, thus limiting vegetation
growth [64]. Alternatively, increased solar radiation may enhance surface soil evaporation and limit
water availability for herbaceous plants that have shallow root systems.

Vegetation phenology has long been regarded as an important factor that affects vegetation
productivity. Consistent with previous studies in References [20,65], our results also indicated a
positive relationship between the NPP and LOS at both national and regional levels. This suggests that
an extension of LOS is one of the most important factors that affect plant productivity [66].

4.4. Shortcomings and Uncertainties

In this study, we used data from only 99 solar radiation stations, as meteorological stations in the
Tibetan Plateau are scarce. The sparse distribution of climate data limited the detail and accuracy of
the relationship between climatic factors and plant productivity. Therefore, the results are likely to be
subject to some ambiguity.

Vegetation NPP is influenced by a variety of factors. In this study, only three climatic factors and
LOS were considered. Although these factors have explained a total of 56% of the variation of NPP
(Figure 8), other climate-related factors, such as sunshine duration, soil temperature, precipitation
characteristics (e.g., effective precipitation, precipitation intensity), CO2 concentrations, N enrichment
and deposition (e.g., policy and planning changes), should be considered in future studies [67].
Moreover, other phonological metrics (e.g., Start of Season, End of Season), species competition, and
disturbances such as anthropogenic activities (irrigation, fertilization [68,69], harvest, land use/land
cover change), wildfires, plant diseases, pests, floods, and droughts as well as the time-lag effect of the
above–mentioned variables can vary by region [50], and should also be considered in future studies.

The results presented here indicate the complexity of vegetation NPP dynamics and the response
or reaction strategy of vegetation to climate change during the study period. However, the trend
for NPP before and after turning points were mostly non-significant despite all turning points being
significant (except evergreen broadleaf forest) based on ΔAIC. This may be caused by a short time
period, or a non-linear variation on NPP during the study period. Therefore, the conclusions mentioned
above should be made with more caution, and more effort should be made to explore the NPP trends
(e.g., non-linear trend) in the future to clarify the direction of dynamic NPP trends [70]. In addition, it is
difficult to estimate future NPP dynamics using mathematical models (e.g., linear regression analysis)
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due to the nonlinear characteristics of NPP dynamics in a long time series, the uncertainty about future
climate change, and the time-lag effect of NPP responses to climate change. To date, the Hurst exponent,
which has been widely used in hydrology, climatology, economics, geology, and geochemistry, could
be considered to predict the NPP variation. The results presented here (Figure S4) indicate that
NPP in China will continue to increase based on the Hurst exponent. Unfortunately, this exponent
characterizes trends based only on past and present environmental conditions, without considering
future environmental change, especially in developing areas, or giving a time period for dynamic NPP
trends. These limitations restrict our ability to predict and anticipate future NPP variation, the carbon
cycle and its relationship with and response to climate change and human activity, and hence more
effort must be made to predict future NPP variation.

5. Conclusions

In this study, the spatiotemporal patterns of NPP and its correlation with climatic factors as well
as vegetation phenology during 2001–2014 in China were investigated, and the main conclusions can
be summarized as follows:

1. Validation results showed that NPP derived from MODIS performed well in China’s ecosystem
compared with the other two models, with an increased R2 value and a decreased RMSE and
MAE. However, this conclusion should be made with caution due to few observed sites.

2. During the entire study period, annual NPP showed an increasing trend at the national scale.
However, the increasing trends in NPP were not linear, with a slower rate after 2004. At a regional
level, annual NPP displayed an increasing trend, despite the occurrence of a turning point year
in Northern China and the Tibetan Plateau. However, the NPP in Southern China decreased
during the whole study period, which can mainly be explained by climate change as well as fierce
anthropogenic activities.

3. Generally, climatic factors and LOS were positively correlated with NPP, and the direct effect
of solar radiation on NPP was the largest compared with temperature and precipitation. Due
to local climate conditions, the relationship between NPP and climatic factors were diverse at a
regional scale.
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and provinces distribution (b) in China; Figure S2: Distribution of meteorological stations across China, red points
represent stations for temperature and precipitation, and black triangles represent stations for solar radiation;
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Abstract: To understand the relative importance of plant community composition and plant-induced
soil properties on N transformations, the soil N mineralization, ammonification and nitrification
characteristics of natural secondary forests (Quercus mongolica-Juglans mandshurica forest: QJF, and
Quercus mongolica-Populus davidiana forest: QPF) and the adjacent larch plantations (Larix kaempferi
forest: LF1 and LF2) were studied during the growing season. All of the forest types showed seasonal
dynamics of N mineralization rates. The total cumulative N mineralization was significantly higher
in QPF (73.51 kg hm−2) than in LF1 (65.64 kg hm−2) and LF2 (67.51 kg hm−2) (p < 0.05). The total
cumulative nitrification from May to November was significantly higher in QJF (65.16 kg hm−2) and
QPF (64.87 kg hm−2) than in LF1 (52.62 kg hm−2) and FL2 (54.17 kg hm−2) (p < 0.05). Based on
the variation partitioning, independent soil properties were the primary determinants of the N
transformations (13.5%). Independent climate conditions explained 5.6% of the variations, while plant
variations explained 3.2% of the variations in N transformations. We concluded that different
forest types with various plant community compositions have different influences on the litterfall
quantity and quality and the nutrient availability, and these differences interact with seasonal climate
conditions that in turn drive the differences in N mineralization.

Keywords: soil nitrogen mineralization; plant-soil interactions; resin core method; forest conversion;
headwater catchment

1. Introduction

Nitrogen (N) is an essential element for the growth of organisms and the productivity of
forest ecosystems [1]. In headwater catchments, soil N mineralization of organic matter plays an
important role in determining soil N availability, primary productivity and N losses from soil to stream,
thus contributing to ground water contamination and the pollution of the water environment [1–4].
Factors affecting the temporal and spatial patterns of soil N dynamics have been well documented [5–7].
Numerous previous studies and practices have shown that seasonal changes in N mineralization result
in patterns with the highest mineralization rates in the summer and the lowest rates in the winter,
which appears to follow seasonal patterns of temperature and precipitation [8–11]. Soil temperature,
moisture, and precipitation patterns are important drivers of soil N transformations, and each of these
seasonal climate conditions may have different impacts on various forest types [12]. Forest types
with varying plant communities may have different influences on the N cycle due to differences in
the physiology, morphology, nutrient requirements, and life histories of various plant species [13–15].
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There are several approaches of studying the N mineralization for different forest types, but they
generally do not consider plant community compositions and species diversity. Conversion of natural
forests to plantations often leads to considerable losses of plant species and consequently a reduction
in the diversity of litter species compositions and the amount of litter production, which affects
soil nutrient availability and N transformation [16]. Larch (Larix kaempferi) plantations are the most
widespread forests in northeastern China, but their ecological impacts receive little attention. Therefore,
understanding the mechanisms underlying the effects of natural forests converted into plantations
on N mineralization of organic matter in headwater catchments is useful for forest management and
structure regulation, and can thus help minimize N exports to aquatic ecosystems.

There are three dominant processes between plant communities and soil properties that could
explain the mechanisms underlying the effects of natural forests converted into plantations on N
mineralization of organic matter. First, changes in plant community composition could influence
soil N mineralization via affecting soil nutrient availability, e.g., total nitrogen (TN), soil organic
carbon (SOC), C:N ratio, and dissolved organic carbon (DOC), since tree species exhibit differences
in the quality of plant material and chemical compounds which significantly affect organic matter
input and decomposition. Grime (1998) found that a community dominated by plants with high
nitrogen concentrations would likely have positive effects on N mineralization rates [17]. Second,
productivity could also influence N mineralization because approximately 50–60% of plant-assimilated
N in deciduous forest is annually returned to the soil via litterfall [18]. Denton (1999) and Mikola (2000)
found that greater inputs of plant material could increase N mineralization rates because soil microbial
biomass and activity have been shown to respond to increased nitrogen and carbon resources [19,20].
Third, plant diversity could also affect N mineralization rates because a more diverse array of plant
material entering the soil through leaf litter, fine root production and root turnover could affect N
mineralization rates by providing a consistent long-term supply of organic nitrogen as the qualities of
plant material decomposed at various rates [21]. These three attributes of the interactions between
plant communities and soil processes may simultaneously affect N mineralization. Temperature
and precipitation changes are likely to influence N mineralization by altering factors like those
discussed above. For example, an increase in temperature can enhance microbial activities and
increase the rates of litter decomposition, which, as a result, can change the N mineralization rate.
Different plant community compositions have different substrate inputs, soil chemistry and microbial
activity, and such differences may contribute unequally to the soil N mineralization; therefore, the N
mineralization processes in different forest types are likely to respond differently to seasonal changes
in temperature and precipitation.

To understand the relative importance of plant community composition and plant-induced
soil property effects of forest conversion on N transformation patterns, organic N mineralization,
nitrification and ammonification were investigated in natural secondary forests and the adjacent larch
plantations in the headwater catchment of the Taizi River in China. This study aimed to (1) investigate
and compare seasonal N mineralization rates under field conditions in natural secondary forests and
the adjacent larch plantations; and (2) assess the extent to which N mineralization rates could be
explained by the plant-soil properties that are associated with plant community compositions and
seasonal climate conditions in temperature and precipitation.

2. Materials and Methods

2.1. Study Area

The Laotudingzi National Nature Reserve (124◦41′13′′–125◦05′15′′ E; 41◦11′11′′–41◦21′34′′ N) is
situated in the headwater catchment of the Taizi River in Liaoning Province, China. The area has a
temperate monsoon climate, with mean annual temperature of 6.2 ◦C and a mean annual rainfall of
778 mm, of which 60–65% falls between June and August. During the study period, the temperature
and precipitation largely followed this long-term seasonal pattern. Due to the cold weather during the
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long winter in Northeast China, soil freezing occurred from November to early April. The average
growing season is approximately 215 frost-free days. The air temperature and precipitation from
January to December 2014 was measured at a weather station close to the experimental site (Figure 1).

Figure 1. Seasonal dynamics of air temperature and precipitation during 1 year from January to
December 2014 in Laotudingzi National Nature Reserve.

The study area had been primarily covered by broadleaf Korean pine forests until the 1930s and
thereafter subjected to unregulated timber removal for decades. Massive controlled burns where used
in the early 1950s for clearing out the original forest. Since then, the study site has been progressively
covered by a naturally regenerated secondary forest. The natural secondary forests consisted of Quercus
mongolica, Juglans mandshurica, Populus davidiana, Acer mono Maxim, Phellodendron amurense, Fraxinus
mandshurica, Pinus koraiensis, Betula platyphylla and Tilia amurensis. At the beginning of the forest
succession, some patches of the natural secondary forests were cleared and replaced by 3-year-old
larch (Larix kaempferi) seedlings. The larch plantations contain Larix kaempferi, Phellodendron amurense,
Quercus mongolica, Juglans mandshurica and Fraxinus mandshurica.

In this study, two larch plantations sites (LF1 and LF2) and two natural secondary forests (QJF and
QPF) were selected. Three independently fixed 20 × 20 m plots were randomly selected at each site.
The soil is a typical brown forest soil (classified as Udalfs according to the second edition of USDA
soil taxonomy) and with depth 20 to 40 cm. Detailed data on the stands, plots and samples are given
in Table 1.

Table 1. Main characteristics of LF1, LF2, QJF and QPF stands.

Item LF1 LF2 QJF QPF

Representative plants Larix kaempferi Larix kaempferi Quercus mongolica
Juglans mandshurica

Quercus mongolica
Populus davidiana

Slope (o) 18 18 16 18
Elevation (m) 656 684 672 663
Forest age (a) 43 43 43 46

No. of tree species 3 8 12 10
Tree density (stems/hm2) 150 410 383 312

Canopy density 0.6 0.8 0.9 0.9
Diameter at breast height (cm) 24.57 ± 5.98 24.82 ± 3.74 24.53 ± 9.73 25.37 ± 8.00

Tree height (m) 20.16 ± 2.44 20.22 ± 1.53 19.00 ± 3.56 19.88 ± 3.90

2.2. Variables Assessed

2.2.1. Vegetation Survey

All individual trees ≥1 cm in diameter at breast height (DBH) were tallied and recorded by
species name, tree height, DBH and canopy density at each plot. Within each plot three sub-plots
of 1 × 1 m were laid for herbs, and the number of species, number of individuals per species and

95



Forests 2018, 9, 386

coverage in the three sub-plots were recorded. In each sub-plot, forest floor litter, including leaf litter,
senesced branches, and bark were collected. We divided the litter layer into two sub-layers: the L
layer (undecomposed litter, consisting of litter with clear recognizable structure lying loosely on the
forest floor surface) and the F/H layer (mixture of partly decomposed litters where plant remains are
partially decomposed by biological activity but with plant morphology still recognizable and humus
without recognizable plant structures and a fine granular morphology) [22]. After litter materials were
collected, the above and below ground parts of all herbs were harvested through destructive sampling
from these sub-plots. To account for the annual litterfall, three samples were randomly collected in
each plot every month using a 0.5 m2 litterfall traps from May to November. Then, all samples were
weighed and oven-dried at 65 ◦C to measure the dry mass and evaporated water content.

The Shannon Weaver Diversity Index was used to measure species diversity [23], and Margalef’s
Index was used to estimate species richness [24].

Shannon Weaver Diversity Index (H’):

exp(H′) =
R

∑
i=1

pi ln pi (1)

where pi = species proportion, R = total number of species types.
Margalef’s Index (MI):

MI =
(s − 1)

ln N
(2)

where S = total number of species, N = total number of individuals.
We estimated the biomass of foliage, branches, stems, roots and total tree using an allometric

equation relating each biomass component to the diameter at breast height (DBH), respectively.
This allometric equation established by Wang (2006) [25].

logB
10 = a + b(logDBH

10 ) (3)

where B is biomass component, a and b are regression coefficients. The total biomass for trees in each
plot was calculated by the biomass of total tree species in the plots.

2.2.2. Soil Sampling and Incubation

The experiment was conducted in May to November 2014 using a modified resin core technique in
situ [26–29], similar to the methods of Raison (1987) [30] and Hübner (1991) [31]. At every experimental
site, five sampling points were randomly allocated to the replication plots on the first sampling date
of 18 May. After the litter and above-ground vegetation was removed, a PVC tube (12 cm long, 5 cm
diameter) sharpened in advance was driven 10 cm into the ground to collect the soil core, which was
used to determine the initial NO3

−-N, NH4
+-N and mineral N (NH4

+-N and NO3
−-N) concentrations

and other soil properties; another identical tube was driven 12 cm into the ground to confine the soil
core, with soil structure undamaged, and then the bottom 2 cm of soil was removed, and a resin bag
with 10 g anion and cation exchange resin beads (717# and 732# produced by the Huizhi resin Plant
of Shanghai) tied into a nylon stocking was placed in the bottom of the PVC tube. The PVC tube
containing the soil core and resin was inserted back into its original position and then incubated in situ
for one month. At the end of the incubation period, the soil core and resin were removed to determine
NO3

−-N, NH4
+-N and mineral N (NH4

+-N and NO3
−-N) concentrations. This was repeated until the

experiment ended on 16 November.

2.2.3. Soil Chemical Properties

The collected tubes and soil samples were stored and extracted within 24 h. The resin bags were
washed with distilled water and air-dried. The soil samples were homogenized and sieved through
a 2-mm screen. For the determination of the soil mineral N (NH4

+-N and NO3
−-N), the soil was
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shaken with 2 M KCl for 1 h on a 250-rpm shaking table [32]. For the determination of resin NH4
+-N

and NO3
−-N, the resin bags were shaken with 2 M KCl for 12 h on a 250-rpm shaking table and,

then the suspension was filtered. The concentrations of NH4
+-N and NO3

−-N in the extracts were
determined by colorimetric methods using a segmented flow injection analyser (Skalar Autoanalyzer
SAN++, The Netherlands). The soil microbial biomass C (MBC) and soil microbial biomass N (MBN)
were determined by a chloroform fumigation-extraction method [33,34]. Extracts from the fumigated
and unfumigated soils (25 g fresh soil) were taken with 50 mL 0.5 M L−1 K2SO4 for 30 min and filtered.
The organic C and N concentrations in the extracts were measured by a dichromate oxidation method
and a K2S2O8 oxidation method, respectively. MBC and MBN were calculated from the differences in
the K2SO4-extractable C or N concentration between the fumigated and unfumigated soils divided
by the efficiency factors for MBC or MBN (KC = 0.38; KN = 0.45, respectively). K2SO4-extractable
DOC value was also used as a proxy for the soil available DOC concentration [35]. The soil samples
were air-dried and then used for analyses of the soil pH, TN and SOC. The soil pH was determined
with a glass electrode (water:soil = 2.5:1). The SOC was analysed using the H2SO4-K2Cr2O7 oxidation
rapid titration method. The TN was measured by the Kjeldahl acid-digestion method. The soil bulk
density was measured using the core method. The soil temperature was measured with a thermometer
inserted in the soil to a depth of 10 cm.

Nitrogen mineralized was calculated as follows [32]:

Nnit = [NO−
3 − N]sc + [NO−

3 − N]res − [NO−
3 − N]in (4)

Namm = [NH+
4 − N]sc + [NH+

4 − N]res − [NH+
4 − N]in (5)

Nmin = Nnit + Namm (6)

where Nnit, Namm, and Nmin are the net nitrification, ammonification and N mineralization, respectively;
[NO3

−-N]sc and [NO3
−-N]in are the mean concentrations of nitrate N in soil core at the end and

beginning of each one month incubation period, respectively; [NH4
+-N]sc and [NH4

+-N]in are the mean
concentrations of ammonium N at the end and beginning of incubation period in soil core, respectively;
[NO3

−-N]res and [NH4
+-N]res are the mean concentrations of NH4

+-N and NO3
−-N in the resin at the

end of the incubation period.

2.3. Statistical Analysis

One way analysis of variance (ANOVA) was performed to test the significance of differences in
the forest cover characteristics and soil properties, and the least significant difference values (LSD)
were calculated at a significance level of p < 0.05. The N availability and N mineralization data were
tested using the repeated measures analysis of variance (RM-ANOVA). The forest types served as
between-subject factors, and months were within-subject factors. The Pearson correlation was used to
examine the correlations of mineralization rates with the plant community composition. All statistical
analyses were performed with SPSS 14.0 (SPSS Inc., Chicago, IL, USA).

Redundancy analysis (RDA) was used to explore the association of N transformations with
environmental properties, using the net organic N mineralization, ammonification and nitrification
rates as response variables and the environmental factors as explanatory variables. Before the actual
analyses, soil N transformations data were analysed using detrended correspondence analysis (DCA)
to determine whether linear or unimodal methods would be appropriate in the analyses [36]. As the
eigenvalue was 0.111, redundancy analysis (RDA) was applied. We split the environmental dataset
into three groups: climate, plant, and soil variables. In order to avoid high multicollinearity in the
following analytical steps we removed within-group correlations of |r| > 0.7 (Spearman, p < 0.05) by
exclusion of variables. By this procedure, selected variables as well as all uncorrelated variables were
included in the final matrices. Climate variables include precipitation and temperature; plant variables
include biomass of foliage, stems for trees, litter mass for F+H layer, annual litterfall, H’ for tree layer
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and H’ for herb layer; soil variables include SOC, DOC, MBC and soil pH. In order to assess the
contribution of the three variable groups on N transformation, the variation partitioning method led to
the identification of six fractions: independent soil (a), climate (b), plant (c), and joint effects of soil and
climate (ab), soil and plant (ac), climate and plant (ac). All multivariate analyses were performed with
CANOCO 4.5 [37].

3. Results

3.1. Seasonal Soil Mineral N

NO3
−-N, NH4

+-N and mineral N contents and dynamics are shown in Figure 2. Generally,
the NO3

−-N and mineral N contents in the QJF and QPF plots were higher than those in the LF1 and
LF2 plots, and NH4

+-N contents in the LF2 plots were higher than the QJF plots (Table 2, Figure 2).
The mean NO3

−-N contents across the month were 8.87, 7.78, 10.73 and 12.46 mg kg−1 in LF1, LF2,
QJF and QPF, respectively. The mean NH4

+-N contents for the LF1, LF2, QJF and QPF were 5.37, 5.73,
4.01 and 5.25 mg kg−1, respectively, and the mean mineral N contents were 14.1, 13.51, 14.74 and
17.71 mg kg−1, respectively. The concentrations of both mineral N and NO3

−-N displayed a distinct
seasonal pattern, with generally high concentrations in June and July and low concentrations in August
and September (Figure 2). In LF1 and LF2 the maximum soil NH4

+-N concentration occurred in May,
with a second peak value in August. In QJF and QPF, soil NH4

+-N concentration was higher in May
than other months. The ratio of NO3

−-N to NH4
+-N was approximately 1.79:1 during the growing

season, so NO3
−-N was the dominant form of mineral N.

Table 2. Summary of repeated measures ANOVA results on the nitrate N, ammonium N, mineral N,
net nitrification rate (Nnit), net ammonium rate (Namm) and net mineralization rate (Nmin).

Factor NO3
–-N NH4

+-N Mineral N Nnit Namm Nmin

Forest types 54.44 *** 30.31 ** 37.54 *** 14.57 ** 16.86 ** 4.03
Months 94.10 ** 263.11 *** 81.71 ** 56.26 ** 164.12 *** 88.80 ***

Forest types × Months 2.35 15.65 *** 3.54 ** 1.02 10.30 *** 1.08

** p < 0.01, *** p < 0.001.

(a) (b) (c)

Figure 2. Dynamics of NO3
−-N (a) and NH4

+-N (b) and inorganic N (c) concentrations in LF1, LF2,
QJF and QPF (means ± SE, n = 3).

3.2. Net N Mineralization of Organic Matter

The net nitrification rates were significantly different among the months and forest types, but were
not different in forest types × months interaction (Table 2). The net nitrification displayed strong
seasonal dynamics, with highest rate during the period from June to July and the lowest rate during
the period from October to November in LF2 plots (Table 2, Figure 3). In the LF1, QJF and QPF plots,
the highest values of net nitrification were observed in the period from May to June. Furthermore,
the net N nitrification rates of the QJF and QPF plots were significantly higher than LF2 plots from May
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to June, and the QPF plots were significantly higher than LF1 from September to October. The mean
net N nitrification rates were 8.77, 9.03, 10.86 and 10.81 mg kg−1 month−1 for LF1, LF2 QJF and
QPF, respectively.

The net ammonification rates were significantly different among the months and forest types,
and their interactions (Table 2). The net ammonification rate was significantly lower than the rates of
nitrification in all of the forest types (p < 0.01, Figure 3). In LF1, LF2 and QPF, the net N ammonification
rate significantly increased during the periods of May to August and decreased during August to
September. In QJF the net N ammonification rate significantly increased during the periods of May to
June and decreased during July to September. The mean net N ammonification rates were 2.17, 1.82,
1.13 and 1.44 mg kg−1 month−1 for LF1, LF2, QJF and QPF, respectively.

The mean net organic N mineralization rates were 10.94, 11.05, 11.25 and 12.25 mg kg−1 month−1

for LF1, LF2, QJF and QPF, respectively. The net N mineralization displayed strong seasonal dynamics;
the temporal variations in the net N mineralization rates were similar to those observed for net
nitrification, with the highest rates during the period from June to July and the lowest rates during
the period from August to September in all the plots (Figure 3). The net N mineralization rates of the
LF1, QJF and QPF plots were significantly higher than LF2 plots from May to June, and the LF2 plots
were significantly higher than QJF and QPF from July to August, and the LF2 plots were significantly
higher than LF1 from September to October.

The total cumulative nitrification from May to November was significantly higher in QJF and QPF
than in LF1 and FL2 (p < 0.05, Figure 4a). However, the total cumulative ammonification was lower in
QJF and QPF than in LF1 and FL2 (p < 0.05, Figure 4b). The total cumulative organic N mineralization
was significantly higher in QPF than in LF1 and FL2 (p < 0.05, Figure 4c), but QJF was not different
with other forest types.

(a) (b) (c)

Figure 3. Rates of nitrification (a), ammonification (b) and net N mineralization (c) at one-month
intervals (means ± SE, n = 3). Different lowercase letters indicate significant differences among forest
types; different uppercase letters indicate significant differences among months (adjusted p < 0.05).

(a) (b) (c)

Figure 4. Differences of soil total cumulative nitrification (a), ammonification (b) and N mineralization
(c) in various forest types from May to November. Different letters indicate significant differences
among forest types (adjusted p < 0.05, n = 3).

99



Forests 2018, 9, 386

3.3. Plant and Soil Properties

Total biomass estimates of trees in LF2, QJF and QPF were statistically higher than LF1 (Table 3,
p < 0.05). The biomass recorded in leaves, branches and roots were higher in the QJF than the LF1.
The total biomass and below ground biomass for herb layer was not statistically different among forest
types (Table 3). Forest floor litter total mass and F+H layer litter mass were highest in the LF2 (p < 0.05),
and litter mass in L layer was not statistically different among forest types (Table 3). Annual litterfall
mass was higher in the QJF and QPF than the LF1 and LF2 (Table 3, p < 0.05). The H’ and MI were
higher in the QJF and QPF than the LF1 and LF2 for tree layer. In herb layer the H’ and MI were
higher in QPF than other forest types (Table 3, p < 0.05). The concentrations of SOC were higher
in the QJF than the LF2 (Table 4, p < 0.05). The concentrations of TN were higher in the QPF than
the LF2 (p < 0.05). The MBC concentrations were higher in QPF and QJF than LF1 and LF2 (Table 4,
p < 0.05). The MBC:MBN ratios were higher in QJF than in LF1 and LF2 (Table 4, p < 0.05). The MBN
concentrations, C:N ratio, DOC and pH were not statistically different among forest types.

Table 3. Vegetation properties in different forest types (means ± SE, n = 3).

Item LF1 LF2 QJF QPF

Biomass for tree (t/hm2)
Foliage 0.71 ± 0.07c 2.31 ± 0.43b 3.05 ± 0.88a 1.96 ± 0.23b

Branches 4.87 ± 0.60b 16.28 ± 3.31ab 34.30 ± 18.5a 15.10 ± 2.55ab
Stems 31.20 ± 1.27c 90.66 ± 8.67a 83.43 ± 25.88ab 75.70 ± 10.52b
Roots 7.29 ± 0.39c 21.79 ± 2.69ab 25.20 ± 7.87a 18.24 ± 2.32b
Total 44.06 ± 2.33c 131.03 + 15.04a 145.98 ± 51.57a 111.01 ± 15.29b

Biomass for herb (t/hm2)
Above ground 0.93 ± 0.57c 1.57 ± 0.21a 1.11 ± 0.47b 0.96 ± 0.39c
Below ground 1.81 ± 0.49a 2.36 ± 0.59a 2.80 ± 1.04a 2.27 ± 0.75a

total 2.75 ± 1.06a 3.93 ± 0.66a 3.91 ± 1.46a 3.23 ± 0.99a
Forest floor litter mass (t/hm2)

L layer 0.82 ± 0.16a 0.87 ± 0.14a 0.77 ± 0.18a 0.74 ± 0.23a
F+H layer 3.73 ± 1.62b 4.46 ± 0.92a 2.64 ± 0.50b 2.42 ± 0.42b

Total 4.53 ± 1.76b 5.33 ± 1.05a 3.14 ± 0.63b 3.61 ± 0.64b
Annual litterfall mass (kg/hm2)

30.67 ± 1.53c 44.64 ± 9.16b 61.33 ± 10.21a 62.13 ± 2.64a
H’ and MI for tree layer

H’ 0.42 ± 0.07d 0.89 ± 0.20c 1.31 ± 0.03b 2.16 ± 0.25a
MI 0.53 ± 0.07b 0.63 ± 0.27b 1.72 ± 0.24a 1.76 ± 0.18a

H’ and MI for herb layer
H’ 2.28 ± 0.13b 2.07 ± 0.21b 1.99 ± 0.29b 2.89 ± 0.54a
MI 4.11 ± 0.38ab 4.04 ± 0.96b 3.9 ± 0.53b 4.93 ± 0.42a

Different letters indicate significant differences among forest types (adjusted p < 0.05).

Table 4. Mean soil properties from May to November in different forest types (means ± SE, n = 21).

Item LF1 LF2 QJF QPF

SOC (g/kg dry soil) 60.69 ± 6.97ab 59.17 ± 11.94b 66.52 ± 9.04a 63.22 ± 5.24ab
TN (g/kg dry soil) 4.99 ± 0.70ab 4.46 ± 1.02b 4.90 ± 1.57ab 5.26 ± 0.85a

C: N 12.47 ± 2.91a 10.35 ± 5.42a 10.40 ± 5.33a 12.27 ± 1.94a
MBC (mg/kg dry soil) 403.79 ± 13.33b 406.81 ± 27.18b 539.28 ± 47.51a 543.83 ± 15.99a
MBN (mg/kg dry soil) 167.66 ± 38.29a 169.62 ± 38.80a 176.52 ± 40.51a 183.30 ± 30.83a

MBC: MBN 2.54 ± 0.63b 2.51 ± 0.52b 3.15 ± 0.90a 2.97 ± 0.66ab
DOC (mg/kg dry soil) 129.24 ± 23.05a 138.07 ± 50.85a 128.89 ± 43.84a 135.15 ± 40.89a

Soil pH 6.39 ± 0.24a 6.37 ± 0.24a 6.67 ± 0.03a 6.41 ± 0.31a

Different letters indicate significant differences among forest types (adjusted p < 0.05).
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3.4. Relationship of Soil Organic N Mineralization, Ammonification and Nitrification to Climate, Plant and
Soil Variables

3.4.1. Precipitation and Temperature Effects on Net Organic N Mineralization and Nitrification Rates

The net organic N mineralization and nitrification rates in all of the forest types were positively
correlated with the precipitation (Figure 5a,c). The net nitrification rates were significantly and
positively correlated with precipitation (Figure 5a, p < 0.01). In addition, the nitrification rates were
positively and significantly correlated with the soil temperature in the LF2 (p < 0.01), but not in the LF1,
QJF and QPF (Figure 5b). The mineralization rates were significantly and positively correlated with
precipitation (Figure 5c, p < 0.01). In contrast, the mineralization rates were not significantly correlated
with the soil temperature in any forest (Figure 5d).

(a) (b)

(c) (d)

Figure 5. Correlations for nitrification rates to precipitation (a) and soil temperature (b); correlations
for N mineralization rates to precipitation (c) and soil temperature (d); the precipitation was amount of
precipitation per one month and soil temperature was the average for one month.

3.4.2. Correlations between Soil Properties and Organic N Mineralization, Ammonification and Nitrification

The soil net nitrification rate was significantly and positively correlated with the concentrations
of MBC (R = 0.59, p < 0.01), and negatively correlated with soil pH (Figure 6d, R = −0.71, p < 0.01).
There was an increasing trend in soil net nitrification rate with SOC (R = 0.41, p < 0.01) and DOC
(R = 0.42, p < 0.01) (Figure 6a–d). There was no correlation between the soil net nitrification rate and
the TN, MBN and C: N ratio (data not shown). The soil net mineralization rate was significantly
and positively correlated with the MBC (Figure 6e, R = 0.51, p < 0.01). The soil net organic
mineralization rate was significantly and negatively correlated with soil pH (Figure 6g, R = −0.62,
p < 0.01). There was no correlation between the soil net N mineralization and the SOC, TN, MBN and
C:N ratio (data not shown).
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Figure 6. Correlations between net nitrification rates to SOC (a), MBC (b), DOC (c), and pH (d),
and correlations between net N mineralization rates to MBC (e), DOC (f), and pH (g); the SOC, TN,
MBC, DOC and MBC were determined in the beginning of each one-month incubation period, and the
data represent the whole experimental period (from May to November) among forest types (n = 72).

3.4.3. Relationship between Vegetation Parameters and N Mineralization of Organic Matter

The Pearson correlation was conducted to estimate the relationship between the vegetation
parameters and N mineralization of organic matter (Table 5). The results show that soil net nitrification
was positively correlated with annual litterfall mass (p < 0.01), total foliage biomass (p < 0.05),
branches biomass (p < 0.05), root biomass (p < 0.01), H’ (p < 0.01) and MI (p < 0.01) for tree layer.
Net ammonification was negatively correlated with annual litterfall mass (p < 0.01), total foliage
biomass (p < 0.05), branches biomass (p < 0.05), H’ (p < 0.05) and MI (p < 0.01) for tree layer. Net organic
N mineralization was positively correlated with annual litterfall mass (p < 0.01), total foliage biomass
(p < 0.05), H’ (p < 0.01) and MI (p < 0.01) for tree layer and H’ for herb layer (p < 0.05).

Table 5. Pearson’s correlation coefficients (r) between plant variables and soil N mineralization (n = 12).

Item
Above

Ground
Below

Ground
L F + H

Annual
Literfall

Foliage Branches Stems Roots H’tree MItree H’herb MIherb

Nnit −0.09 0.53 0.20 −0.32 0.88 ** 0.68 * 0.60 * 0.55 0.63 ** 0.79 ** 0.89 ** 0.27 0.42
Namm 0.26 −0.31 0.15 0.51 −0.79 ** −0.61 * −0.59 * −0.38 −0.52 −0.65 * −0.87 * 0.10 −0.17
Nmin −0.02 0.57 0.41 −0.14 0.74 ** 0.55 * 0.46 0.51 0.53 0.71 ** 0.72 ** 0.52 * 0.53

* p < 0.05, ** p < 0.01.

3.5. Multivariate Analysis (Redundancy Analysis)

To investigate possible relationships between N mineralization of organic matter and
environmental variables across forest types and seasons, we performed a Redundancy Analysis
(RDA), including organic N mineralization, ammonification, nitrification rates, and the relative climate,
plant, and soil variables (Figure 7). A total of 57.6% of variations in seasonal net N mineralization,
ammonification, nitrification rates were explained by 13 selected environmental variables. The first
two RDA axes explained 49.9% and 7.7% of data variations. Soil nitrification rates were affected by the
temperature, precipitation, MBC, H’ for tree layer, annual litterfall, total litterfall mass of F + H layer,
total foliage and roots biomass for trees, DOC and SOC. Soil N mineralization rates were affected by
the temperature, precipitation, MBC and DOC concentration and soil pH. Soil ammonification rates
were affected by the total litterfall mass of F + H layer and pH.
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Figure 7. Redundancy analysis using net N transformations data as response variables and climate,
plant and soil properties as explanatory variables.

3.6. Variation Partitioning

In order to characterize the relative importance of the broad factors of classification to the soil
N mineralization of organic matter in different forest types, variation partitioning was computed
independently using climate, soil properties and plant parameters as predictor variables (Figure 8).
Results from RDA showed that variables could explain 57.6% of variability in soil N mineralization of
organic matter. Both the independent soil (a) and total soil variables (a + ab + ac) accounted for the
largest contribution to the variations in soil N mineralization (13.5% and 48.8%), while the independent
climatic (b) and total climatic (b + ab + bc) variables were of secondary importance (5.6% and 41.4%).
We found 35.8% shared variations of N mineralization explained by soil and/or climatic variables
(Figure 7). However, the plant and soil had a negative shared variation of joint fractions (−0.4%).

Figure 8. Variation partitioning of N transformations using the matrices of soil variables, plant variables
and climate variables. Variables a, b and c denote the independent effects of soil, climate and plant,
respectively. Variables ab, ac, bc denote the joint effects of soil and climate, soil and plant, climate and
plant, respectively.
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4. Discussion

The ranges of net N mineralization of organic matter were different among forest types. Here all
of the forest types in this study are considered similar in community structure and historical soil
conditions. As such, differences in present soil N mineralization patterns may reflect the impacts
of the shifts in plant species composition and plant-induced soil properties on N transformation
processes [38,39]. Our results indicate that there were considerable variations among forest types in the
plant diversity for tree layer, annual litterfall mass, biomass recorded in leaves, branches, stems and
roots, and aboveground biomass for herbs. Surface soil properties were also different among forest
types in SOC, TN, MBC and MBC: MBN ratio. We suggest that shifts in plant species composition and
resulting plant diversity, forest biomass and soil properties are the most probable explanations for the
soil N mineralization patterns of natural secondary forest converted into larch plantations.

4.1. The Effects of Plant on N Mineralization

Our results showed that the two natural secondary forests had higher levels of soil nitrification
rates than the two larch plantations, while, net ammonification rates were lower in natural secondary
forests than in larch plantations, which could be attributed to the following reasons. Firstly, changes of
tree species composition could influence the qualities of litterfall, which may significantly alter the
available soil nutrients. Previous work has shown that coniferous tree species typically provide a lower
quality of litter material (lower N contents and higher C:N ratio) and a slower litter decomposition,
which contribute to a poor soil nutrient level [16,40], and consequently reduced the rate of N
cycling [41]. In our study sites, the annual litterfall mass were lower in LF1 and LF2 than QJF
and QPF, but the forest floor litter mass was not lower, which indicated the litter decomposition rate
was slower in in LF1 and LF2 than QJF and QPF. Secondly, conversion of natural secondary forests
to plantations could affect forest biomass productions, which influence the quantities of litterfall.
Koutika (2014) found that the higher biomass production may increase soil nitrogen through an
enhanced production of litter [42]. In our study, the biomass amounts recorded in leaves, branches,
and roots were significantly higher in QJF than LF1 and LF2, thus the annual litterfall mass was
higher in QJF than in LF1 and LF2. Our result also indicated soil N mineralization and nitrification
rates were positively correlated with the foliage biomass, and the annual litterfall mass. These results
suggested that the relatively lower quantities and qualities of litter and slower litter decomposition
of larch plantations made N mineralization and nitrification rates decrease after conversion from
natural secondary forests. Thirdly, N transformations could also be affected by plant diversity. It has
been suggested a more diverse array of plant compositions entering the soil through leaf litterfall
could enhance nitrification rates by providing a consistent long-term supply of organic nitrogen as the
different qualities of plant material break down at different rates over time. In our study, nitrification
rate was positively correlated with plant diversity and richness of tree layer. These results are consistent
with previous studies [21,43,44] which also detected a positive plant diversity effect on nitrification.

4.2. The Effects of Soil Properties on N Mineralization

As expected, soil properties were closely correlated with soil organic matter mineralization.
Previous studies have shown that soils with high nutrient availabilities could have high N
mineralization rates [45,46]. As a biological process, soil N mineralization of organic matter is
mainly determined by substrate availabilities and microbial activities [47,48]. We observed the net N
mineralization and nitrification rate was positively correlated with MBC, and there was an increasing
trend in soil net nitrification rate with SOC and DOC. Soil C and N pools provide available substrates
and energy to stimulate microbial activity and which increase the N mineralization rates [39,49].
In our study, MBC concentrations were significantly higher in the QJF and QPF than the LF1 and LF2,
the SOC concentrations were significantly higher in the QJF than LF2, TN were significantly higher
in the QPF than LF2, consequently, the nitrification was higher in the QJF and QPF than the LF1 and
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LF2, the cumulative mineralization was higher in QPF than the LF1 and LF2. Some studies have
shown that soil pH is an important factor of soil N mineralization during conversion of broad-leaved
forests to coniferous forests. Plantations with coniferous species can produce acidic leaf litters and root
exudation of H+, which in turn lower soil pH and affect micro-fungi activities [50,51]. In our study,
soil pH was negatively correlated with net N mineralization and nitrification rate, however, soil pH
was not significantly different among forest types, which indicted factors other than pH might have
restricted soil N transformation. In this study, we considered the substrate availabilities and microbial
activities to be the important factor for N mineralization in organic matter during the forest conversion
of natural secondary forests to larch plantations.

4.3. Seasonality Effects on Soil N Transformation Patterns

Seasonal dynamics of temperature and precipitation played an important role in controlling N
transformations [11,52]. The present study showed that net nitrification and N mineralization rates
were higher from June to July and lower from August to September, whereas the net ammonification
rates were higher from July to August and lower from May to June, which can be explained by the
seasonal dynamics of temperature and water availability. Soil N mineralization involved biological
processes that are moisture and temperature dependent [11,53]. The seasonal changes of temperature
and moisture directly control soil microbial activity, which directly influences soil N transformations.
In our study, the regression analysis showed that the rates of N mineralization and nitrification had a
significantly positive relationship with the precipitation for each forest, while a significant relationship
between the net N nitrification and temperature was only found in the LF2. The relationships
between the N mineralization rate and precipitation were much stronger than those between the
N mineralization rate and temperature, suggesting that precipitation had the major effect on the net N
mineralization and nitrification rates in our research region.

4.4. Interaction of Climate, Plant and Soil Variables on N Transformation

In this study, we found a dominant effect of soil properties on N transformations (48.8%).
This result is consistent with those of previous studies [10]. Interestingly, the plant variations explained
a relatively small fraction in N transformation (2.8%), and the plant and soil had a negative shared
variation. This indicated that the interaction effect of plant and soil on N transformation was larger
than the summation of independent soil and plant variables. This result can be explained by taking
into consideration previous studies wherein plant variables have significant effects on soil properties
and which were simultaneously influenced by soil properties, indicating that plant and soil have
mutual promoted effects [54]. Climate was also a strong predictor variable of N transformation [8,9].
Many other studies found temperature and precipitation to be the main constraining factors for
N transformation [10,11]. In our study, the climate accounted for the secondary contribution to the
variations in N mineralization. Overall, these three variations should not be considered mutually
exclusive; we may expect each to contribute to the explanation of the potential effects of seasonal
dynamics in N mineralization of natural secondary forest converted into larch plantations. In northeast
China, plantation/secondary forest landscapes account for the largest proportion of forest areas,
and this kind of plantation has been progressively increased throughout the nation. However, we
did not study the latitude and longitude, and global climate change effect on N transformation due
to limited study sites. Therefore, it is necessary to make a further study on plantation/secondary
forest soil N mineralization with a wider study area including latitudinal and longitudinal differences,
and varied climatic regions.

5. Conclusions

Our study compared seasonal dynamics of soil N mineralization of organic matter between
the natural secondary forests and larch plantations and assessed which could be explained by the
plant-soil properties that were associated with forest conversion and seasonal climate conditions.
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We demonstrated that plant diversity, litterfall quantity and quality and the soil nutrient availability
varied considerably during the forest conversion, which made N mineralization different between the
natural forests and plantations. Soil properties were the primary determinant of the N mineralization,
and climate conditions also contributed to N mineralization significantly, whereas plant variations
were a tertiary contribution to N mineralization. Our results indicated that the larch plantations
reduced plant diversity, litter quantity and quality and soil fertility as well as N transformation rate.
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Abstract: Forests provide valuable ecosystem and societal services, including the sequestration of
carbon (C) from the atmosphere. Management practices can impact both soil C and nitrogen (N)
cycling. This study examines soil organic C (SOC) and N responses to thinning and fertilization
treatments. Soil was sampled at an intensively managed Douglas-fir (Pseudotsuga menziesii (Mirb.)
Franco) plantation in north-western Oregon, USA. Management regimes—thinning, fertilization plus
thinning, and no (control) treatment—were randomly assigned to nine 0.2-ha plots established in
1989 in a juvenile stand. Prior to harvest, forest floor and soil bulk density and chemical analysis
samples were collected by depth to 150 cm. During a single rotation of ~40 years, thinning treatments
significantly reduced SOC and N stocks by 25% and 27%, respectively, compared to no treatment.
Most of this loss occurred in deeper soil layers (below ~20 cm). Fertilization plus thinning treatments
also reduced SOC and N stocks, but not significantly. Across all management regimes, deeper soil
layers comprised the majority of SOC and N stocks. This study shows that: (1) accurately quantifying
and comparing SOC and N stocks requires sampling deep soil; and (2) forest management can
substantially impact both surface and deep SOC and N stocks on decadal timescales.

Keywords: soil organic carbon; carbon sequestration; nitrogen; deep soil; forest floor; forest
management; fertilization; thinning; fixed depth; equivalent soil mass

1. Introduction

The world’s forests are an important terrestrial carbon (C) sink, sequestering as much as 30%
(~2 Pg C y−1) of annual global anthropogenic CO2 emissions between 1990 and 2007 [1,2]. In addition
to their importance in the global C cycle, forests provide many other valuable ecosystem and societal
services. Forest-management practices can enhance or reduce the ability of a given forest stand
to act as a C sink and provide these services [3,4]. Since approximately two-thirds of forests are
managed [1], understanding how forest-management practices affect the global C cycle and the
capacity to sustainably produce natural resources is a high priority.

While much research has been conducted regarding the aboveground effects of forest management,
comparably little is known about the effects belowground [5]. Soils comprise the majority of the
terrestrial C stock [6] and account for ~85%, 60%, and 50% of the total C stock in boreal forest,
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temperate forest, and tropical rainforest ecosystems, respectively [3,7]. Therefore, determining the
fate of forest soil organic C (SOC) in response to management is an essential part of understanding
climate-carbon feedbacks and changes in forest ecosystem C budgets. Gains or losses in SOC affect
numerous soil properties essential to maintaining beneficial ecosystem services and productive forest
stands, including the water- and nutrient-holding capacity of the soil [8].

In Pacific Northwest forest ecosystems, nitrogen (N) is often the primary limiting nutrient [9–11].
The fate of soil N in response to forest management is thus a key concern in this region. In general,
N fertilization stimulates biomass production, but the effects on SOC and other soil-nutrient
dynamics are variable and highly site dependent due to complex interactions between soil properties,
microorganisms and vegetation [12]. Increases in soil N have the potential to enhance aboveground
biomass growth and forest productivity, as well as to increase SOC and the retention of other
nutrients in the soil through a combination of increased belowground biomass and delayed root
decomposition [13].

In a recent meta-analysis, James and Harrison [14] found that harvesting reduced soil C by an
average of ~11% globally. Significant losses in both the litter layer (O horizon) and the mineral soil
were observed, with particularly large losses in very deep soil (60–100+ cm in depth) compared to
more superficial soil. Interestingly, thinning treatments resulted in greater losses of mineral soil C than
clear-cut harvesting by a difference of ~9% [14]. Although this may seem counterintuitive, thinning
treatments can lead to less SOC accumulation over time due to reduced root C inputs (from reduced
root biomass) [15], and they can also affect numerous soil properties that enhance microbial metabolic
activity or encourage increased leaching and export of SOC and other soil nutrients. Mechanisms that
can lead to SOC and N losses due to thinning include: (1) increased soil temperature; (2) microbial
stimulation or priming; (3) nitrate leaching; and (4) groundwater-level rise.

1.1. Increased Soil Temperature

Decreased radiation interception by trees due to thinning treatments can result in soil temperature
increases [16]. Several studies examining the upper 10 cm of soil have shown post-thinning increases
in soil temperature ranging from 1–6 ◦C when compared to reference stands [16–18]. Soil temperature
also tends to increase with thinning intensity [16,17]. Along with increases in soil temperature,
Cheng et al. [17] measured an increase in soil respiration ranging from ~8% to 20% and increasing
with thinning intensity. Hicks Pries et al. [19] found that mineral soil respiration in a temperate forest
ecosystem increased by 34–37% to a depth of 100 cm when subjected to 4 ◦C warming, with soil below
15 cm contributing to ~50% of the total respiration. Forest harvest has been observed to increase mean
soil temperature and mean daily soil temperature flux by ~3 ◦C and 5 ◦C, respectively, at 10 cm in
depth and by ~2 ◦C and 3 ◦C, respectively, at 100 cm in depth [20]. Any increase in SOC decomposition
rates also increases microbial demand for N, as microorganisms require about a 24:1 C:N ratio during
organic matter decomposition [21]. Competition for available N in the soil environment is increased
in particular during the decomposition of organic matter with a higher C:N ratio, such as coarse
woody debris left as slash on the forest floor post-thinning, and can lead to N scavenging as plants and
microorganisms compete for this essential nutrient [21,22].

1.2. Microbial Priming

Microbial priming is a mechanism by which potential energetic barriers to SOC decomposition
are alleviated by the introduction of fresh C compounds [23]. Similarly, higher rates of nitrification
and additional nitrate can result in increased SOC decomposition and dissolved organic carbon
(DOC) production by alleviating microbial nutrient limitations [24,25]. The priming phenomenon is
particularly relevant in deeper soil layers where SOC is often thousands to tens of thousands of years
old [23,26]. When the environmental conditions under which deep SOC accumulated change, such as
through the addition of fresh C compounds, this SOC is vulnerable to decomposition [19,23,26–28].
Removing trees results in decreased transpiration and rain interception, and in turn can lead to
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increased DOC flux and transport to deeper soil layers, which is driven largely by rain events and
new inputs of organic matter [29,30]. Organic matter left on-site post-thinning (e.g., roots and slash)
substantially increases soil C inputs and the potential for priming effects. While forest floor fresh
C inputs are often mineralized in the litter layer [26,30], C inputs due to the mineralization of root
biomass can persist for many years following the harvest of trees [31]. Post-thinning increases in
channels of decaying roots, particularly coarse roots, could also create preferential flow paths for DOC
transport. Along these pathways, DOC has fewer opportunities for abiotic and biotic interactions,
potentially introducing large amounts of fresh DOC to deeper soil layers [32]. As preferential pathways
have been shown to have greater SOC concentrations and microbial biomass than the surrounding
bulk soil [33], mineralization rates in these pathways are likely enhanced [34], which may lead to
increased SOC and N losses from the adjacent bulk soil.

1.3. Nitrate Leaching

Several studies have observed increased leaching or export of nitrate (and other forms of N)
following forest harvest under logging residues [35–39]. Rosen and Lundmark-Thelin [39] attributed
this phenomenon to a combination of reduced N uptake by roots and increased mineralization of the
litter layer. Fertilized forest stands may be particularly vulnerable to nitrate leaching under slash left
on the forest floor post-thinning due to increased N availability. High rates of nitrification, nitrate
leaching, and increased soil acidity due to fertilization can negatively affect soil quality through the
priming of SOC and through the co-leaching of other nutrients such as calcium and magnesium [40].

1.4. Groundwater-Level Rise

The removal of trees via thinning treatments or harvest reduces transpiration, which can result in
groundwater-level rise and potential increases in the export of DOC and various forms of N [37,41].
Laudon et al. [41] observed a >70% increase in DOC export from harvested compared to unharvested
sites one year post-harvest. They attributed this increase in DOC export primarily to a raised
groundwater level contacting more superficial soil layers that have higher DOC (and N) concentrations.
Depending on the original height of the water table prior to the removal of trees, substantial portions
of deeper SOC and N could be especially vulnerable to export and loss via this mechanism.

1.5. Summary and Objectives

Jandl et al. [12] concluded that, in general, forest thinning increases the stability of a
stand at the expense of SOC stocks. However, other studies have found no difference in SOC
stocks post-thinning [5]. In a long-term reforestation study in the subtropical south-eastern USA.
Mobley et al. [42] found that thinning treatments reduced SOC and N stocks in particular in deeper
soil layers where losses exceeded new inputs. Although deeper soil is often ignored in short- and even
long-term studies, the observation of deep SOC losses on decadal timescales due to management or
land-use change is not uncommon [42–44]. Considering that most SOC is contained in deeper soil
layers (below ~20 cm) [6,45,46], and most trees root deeper than 100 cm [47], studying deep-soil nutrient
dynamics is essential to understanding forest-management effects on SOC stocks. Unfortunately, soils
are often sampled to 20 cm or less and are rarely sampled below 100 cm [4,6,14,27,42,45,48].

The objective of this study was to determine the responses of SOC and N to thinning and
fertilization plus thinning treatments of varying intensity, and to understand how any observed
response differed vertically in the soil profile to a depth of more than 100 cm. Both the fixed-depth
and mass-based approaches were used to quantify and compare SOC and N stocks. We found that
thinning treatments substantially reduced both SOC and N stocks, particularly in deeper soil layers,
highlighting that forest-management practices can affect both surface and deep SOC and N stocks
on decadal timescales, and that accurately quantifying and comparing SOC and N stocks requires
sampling deep soil.
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2. Materials and Methods

Soil was sampled at an intensively managed Douglas-fir (Pseudotsuga menziesii (Mirb.) Franco)
plantation in north-western Oregon, USA (Figure 1, inset). The plantation was planted on commercial
forest land in 1977 with 2-year-old Douglas-fir seedlings and was ≥90% Douglas-fir throughout the
~40-year rotation. The previous plantation, also Douglas-fir, underwent uniform treatment and harvest.
Square plots were established in 1989, the boundaries of which were designed to maximize uniformity
within and between plots. Management regimes—thinning (Ttrt), fertilization plus thinning (FTtrt),
and no (control) treatment (Ctrt)—were randomly assigned to nine 0.2-ha plots spanning a total area
of ~5 ha (Figure 1). Three plots received thinning treatments; three plots received fertilization plus
thinning treatments of varying intensity; and three plots received no (control) treatment. Additionally,
the initial trees per hectare were systematically reduced to one-half or one-fourth on randomly assigned
plots (Table 1). The removed trees were left on the forest floor. Fertilized plots received 224 kg N ha−1

as urea every 4 years starting in 1989 for a total of 1120 kg N ha−1 over 16 years. Thinning treatments
were based on Curtis’ [49] relative stand density. The stems of thinned trees were either removed or
left on the forest floor, depending on the size of the trees at the time of treatment. Slash from trees
was consistently left on the forest floor, even when stems were removed. Landform across all plots
was nearly level to gently sloping, with an average slope of 10% and a maximum slope of <30%.
The climate is characterized by cool, wet winters and warm, dry summers. Mean annual precipitation
from 1981 to 2010 was ~220 cm, and mean annual temperature was 9 ◦C, with an annual maximum
and minimum temperature of 14 ◦C and 4 ◦C, respectively [50]. Elevation ranged from 620 m to 660 m
above sea level. Soil was moderately well drained with a low mean rock fragment content by sample
weight (<2% fine to medium gravel). The soil sampled was an older, clayey soil (a Palehumult, closely
resembling the Cumley series), making it reasonably uniform and an ideal soil for sampling to compare
forest-management treatments.

Figure 1. Location of study site (inset) and layout of treatment plots. The site coordinates are 44.87417,
−122.566 (Latitude/Longitude decimal degrees). Fert, fertilized.
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Table 1. Summary of plot treatments. The plantation was planted in 1977 with 2-year-old Douglas-fir
seedlings. Plots are each 0.2-ha and span a total area of ~5 ha. Fert, fertilized.

Plot
Initial Trees

(ha−1)
Treatment

Group
Fertilized § Thinning

Treatment
Thinning

Year
Stems Left on
Forest Floor #

1 1117 Thinning No RD55→RD35 2001 Yes
2 297 † Control No None - -
3 558 ‡ Thinning No RD55→RD35 2011 No
4 1181 Thinning No RD55→RD35 1999 Yes
5 1196 Control No None - -
8 554 ‡ Control No None - -

10 1240 Fert + Thinning Yes
RD55→RD35 1997 Yes
RD55→RD40 2005 No

11 558 ‡ Fert + Thinning Yes RD55→RD35 2009 No
12 311 † Fert + Thinning Yes None - -
† initial trees per hectare were reduced to one-fourth in 1989; stems and slash left on forest floor. ‡ initial trees per
hectare were reduced to one-half in 1989; stems and slash left on forest floor. § fertilized plots received 224 kg N
ha−1 as urea every four years starting in 1989 for a total of 1120 kg N ha−1 over 16 years. RD = Curtis’s [49] relative
density. # slash consistently left on forest floor, even when tree stems were removed.

Three soil pits per plot were excavated with a shovel to 100 cm or 150 cm. Major genetic horizons,
soil colors, textures and structures were identified, and roots and stone content were recorded (Table 2).
Soil bulk density and chemical analysis samples were collected in the late summer and early fall of
2015, immediately preceding harvest. Soil was collected from all nine plots over (three) two-week
time periods to minimize any differences in weather conditions between plots during the sampling
timeframe. Samples were collected randomly from within the middle of soil depth layers 0–10, 10–20,
20–50, 50–100, and 100–150 cm. One forest floor sample was collected from a randomly placed
20 × 30 cm quadrat nearby each soil pit. All soil samples were analyzed separately, and repeated
measurements within a plot and soil depth layer were subsequently averaged to account for within-plot
variation. Soil bulk density and chemical analysis samples were collected using a 5.4-cm diameter
hammer-core, as well as using clod and excavation (irregular hole, water replacement) methods.
Repeated measurements within the same plot and soil depth layer across methods were analyzed
separately to adjust for differences between the methods using regression (wherein the excavation
method was used as the standard). A detailed description of soil-sampling techniques, laboratory
methods, and regression equations is found in Gross and Harrison [51]. All soil samples collected
in the field were sealed in plastic bags, returned to the laboratory within 48 h, and stored at 3 ◦C
until analysis.

Soil subsamples used in elemental analysis were taken from bulk density samples to avoid
potential biases, as SOC concentrations and bulk density are not independent variables [52]. Air-dried
samples were sieved to <4.75 mm (rather than to <2 mm) to avoid discarding a meaningful portion of
SOC [53,54]. The >4.75 mm fraction was weighed and the volume determined by displacement of water
in a graduated cylinder. Litter layer samples were weighed, air-dried to a constant weight, reweighed,
and ground to less than ~0.5 mm. Representative subsamples of litter layer and <4.75 mm mineral
soil fractions were ground with a mortar and pestle and analyzed for total C and N concentrations
(g kg−1) using an automated elemental analyzer (Perkin-Elmer 2400, PerkinElmer, Waltham, MA, USA).
Approximately 20% of the samples were run twice to verify the precision of the analysis, and quality
control samples of known C concentration were run every 10 samples. The average of samples run
twice was used for analysis. Due to a lack of carbonates measured in the region [55] and strongly acid
soils (pH < 6), total C concentrations are equated to organic C [56].
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Table 2. Typical soil profile description. Resembles Cumley series (a Palehumult). Average slope of
10%. Mean elevation ~640 m above sea level. Gr, gravel (0.2–7.5 cm); Cb, cobbles (7.5–25 cm); St, stones
(>25 cm); YR, yellow-red.

Horizons Depth (cm) Color (moist) Texture Structure Roots Rock (%)

Oi 3.5–0
Gr < 2%
Cb < 5%
St < 5%

A 0–15 10 YR 3/3 dark
brown

Sandy clay
loam

Medium to coarse granular,
weak to moderate

Many fine, medium,
and coarse

Gr < 2%
Cb < 5%
St < 5%

BA 15–30
10YR 3/4 dark

yellowish brown
Sandy clay Medium to coarse subangular

blocky, moderate
Many fine and medium;

few coarse

Gr < 2%
Cb < 5%
St < 5%

Bt1 30–80 5YR 4/4 reddish
brown

Sandy clay to
clay

Coarse to very coarse subangular
blocky, moderate to strong

Common fine, few
medium; very few coarse

Gr < 2%
Cb < 5%
St < 5%

Bt2 80–150+
10YR 4/4 dark

yellowish brown
Sandy clay Coarse subangular

blocky, moderate
Few fine and medium;

very few coarse

Gr < 2%
Cb < 5%
St < 5%

Soil pH was measured in a 1:1 (deionized H2O, mL; soil, g) mix for mineral soil and a 4:1 mix
for the litter layer with a digital pH meter (Model PC-700, Oakton Inst., Vernon Hills, IL, USA). Soil
mixtures were stirred and left to stand undisturbed for at least 30 min to allow homogenization before
pH was measured. The volume of field-moist clods [57] was determined by the paraffin wax method
and displacement of water. Oven-dry weights for the clod method were determined by drying the
clods in the oven at 105 ◦C for at least 48 h. Subsamples of each core and excavation sample were
dried for at least 48 h at 105 ◦C, and oven-dry weights were determined by applying conversions to
the air-dried weights. Bulk density was calculated according to:

Bulk density =

(
oven dry sample weight, g − rock fragment weight, g (> 4.75 mm)

soil volume, cm3 (solids + pores)− rock fragment volume, cm3 (> 4.75 mm)

)
, (1)

Soil organic C and N stocks were determined using the fixed-depth equations:

Mg SOC ha−1 =

(
mg SOC

g soil

)(
g soil

cm3 soil

)(cm
1

)( Mg
109 mg

)(
108 cm2

ha

)
, (2)

and,

kg N ha−1 =

(
mg N
g soil

)(
g soil

cm3 soil

)(cm
1

)( kg
106 mg

)(
108 cm2

ha

)
, (3)

where mg SOC g soil−1 is SOC concentration, mg N g soil−1 is N concentration, g soil cm soil−3 is bulk
density, and cm is soil layer thickness. The mass-based approach according to the procedure of Wendt
and Hauser [58] was also used to estimate SOC and N stocks. For this approach, soil-sample mass for
each depth layer (MSAMPLE(DL), g) and method was calculated according to:

MSAMPLE(DL) = π

(
5.4 cm

2

)2
×

(
soil layer thickness, cm

1

)
× bulk density, (4)

where 5.4 cm is the inside diameter of the core. Soil-sample masses, SOC and N concentrations,
the inside diameter of the core, and the number of cores per sample were subsequently input into the
web-accessible spreadsheet [59] created by Wendt and Hauser [58], which fits a cubic spline function
to model the relationship between cumulative areal soil mass and cumulative SOC mass. Reference
mass layers were set using the lowest mean soil mass across treatments for each soil depth layer as
recommended by Lee et al. [60] for systems in which the initial conditions (e.g., SOC or bulk density)
are not available.
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In this study, both the fixed-depth and mass-based approaches used to calculate SOC and N
stocks replace the volume of the >4.75 mm fraction with fine soil (<4.75 mm). Multiple studies have
found that this method has the potential to overestimate [61] or underestimate [27,54,62–64] SOC and
N stocks. However, these errors appear to be limited to rocky soils [54,61,62,64]. Because the soil
sampled in the current study was generally non-rocky (<2% fine to medium gravel content by weight),
this method is unlikely to cause substantial biases in SOC and N stock estimates.

Sampling in the middle of a soil depth layer likely underestimates SOC and N concentrations
and overestimates the bulk density of soil above the sample, while resulting in errors in the opposite
direction concerning soil below the sample (i.e., overestimating SOC and N concentrations and
underestimating bulk density). An assumption of this sampling method is that the errors tend to have
a canceling effect, giving an accurate estimate of SOC and N stocks in the given layer. This assumption
applies to all calculations of mineral SOC and N stocks in this study. As the entire depth of the litter
layer was sampled, this assumption does not apply to the litter layer. Additionally, litter layer SOC
and N stocks were only determined using Equations (2) and (3).

Total aboveground and root C sequestration were determined using the biomass ratio equation
and parameters provided by Table 6 in Jenkins et al. [65]. For a given plot, the quadratic mean diameter
(QMD) was substituted for diameter at breast height (DBH). Total aboveground biomass (TAB) for
each plot was calculated according to:

TAB Mg ha−1 =

(
450 kg

m3

)(
stand volume, m3

ha

)(
Mg

1000 kg

)
e(−0.3737−( 1.8055

QMD,cm ))
, (5)

where 450 kg m−3 is the density of Douglas-fir [66], and the denominator is the biomass ratio equation
for softwood-stem wood. The sum of the removed and final aboveground biomass was used for TAB
for thinned plots to represent total aboveground and root C sequestration. A ratio of 0.512, which is
the average C concentration (g C g−1) for Douglas-fir trees in the Pacific Coast and Rocky Mountain
regions [67], was used to convert total mass to C mass. Belowground C stocks were determined by
summing the SOC stock (calculated using the mass-based approach) for a given plot with total root C
for the same plot. Total C stocks were determined by summing the above- and belowground C stocks
for a given plot. Merchantable volume for thinned plots was calculated by including removed volume
only if the given volume was commercially thinned.

Analysis of variance (ANOVA) was used to determine whether treatment affected various soil
properties and SOC and N stocks. When significant differences were detected at p < 0.1, Tukey’s honest
significant difference (HSD) post-hoc tests were conducted to compare the means. A significance
level of 0.1 was chosen (rather than 0.05, for example) to reduce the chance of false negatives [68],
as forest-management effects on soil properties or nutrient stocks can have lasting impacts on soil health
and future productivity. Relationships between numerical variables such as SOC and N concentrations
were determined using linear regression. Data met the assumptions of the analyses performed and no
data transformations were necessary. Data were analyzed using R studio [69].

3. Results

3.1. Soil Bulk Density and Organic Carbon Concentrations

In the mineral soil layers, bulk density was consistently highest for Ttrt at all depths and lowest
for Ctrt to a depth of 100 cm (Figure 2). In the upper 50 cm, this pattern was inversely related to
SOC concentrations, with Ctrt having the highest SOC concentrations and Ttrt having the lowest
(Figure 2). Soil organic C concentration was a significant (p < 0.1) predictor of bulk density in the
mineral soil, the two variables following a quadratic relationship (Figure 3). However, a large amount
of variation occurred where SOC concentrations were below ~15 g SOC/kg soil, which corresponded
to depths below 50 cm. When the relationship between SOC concentration and bulk density was
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analyzed by depths 0–50 cm and 50–150 cm, the former explained slightly more of the variation in bulk
density values than the whole mineral soil (i.e., 0–150 cm in depth), while the latter was not significant
(Figure 3). Soil organic C concentration and bulk density were not significantly related in the litter
layer (Figure 3). Bulk density for Ttrt was significantly (Tukey’s HSD, α = 0.1) higher than Ctrt in the
upper 20 cm of mineral soil and significantly higher than FTtrt in the 10–20 cm depth layer. Ctrt had a
significantly higher SOC concentration compared to both Ttrt and FTtrt in the upper 20 cm of mineral
soil, as well as in the 100–150 cm depth layer compared to FTtrt. No significant differences between
treatment means were observed for bulk density or SOC concentration in the litter layer.

Figure 2. (a) Mean soil bulk density by treatment; (b) mean soil organic carbon (SOC) concentration
by treatment. Sample size for all treatments and soil depth layers is three. Error bars represent ± one
standard error. Means within each soil depth layer accompanied by the same letter (i.e., “a” or “b”) are
not significantly different (Tukey’s honest significant difference (HSD), α = 0.1). Fert, fertilized.

Figure 3. Soil bulk density versus soil organic carbon (SOC) concentration for: (a) the whole mineral
soil (n = 45); (b) the 0–50 cm soil depth layers (n = 27); (c) the 50–150 cm soil depth layers (n = 18);
(d) the litter layer (n = 9).
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3.2. Soil Nitrogen Concentrations, Carbon to Nitrogen Ratios, and pH

Trends in soil N concentrations between treatments in the mineral soil followed a similar pattern
as for SOC concentrations, although a few additional means were found to be significantly different
(Figure 4). Ctrt had a significantly higher soil N concentration compared to Ttrt at all depths except
the 50–100 cm depth layer. FTtrt also had a significantly higher soil N concentration compared to Ttrt

in the 0–10 cm depth layer. Compared to FTtrt, Ctrt had a significantly higher soil N concentration
in the upper 20 cm of mineral soil and in the 100–150 cm depth layer. Notably, in the litter layer, Ttrt

had a significantly lower soil N concentration compared to the other two treatments. No significant
differences in the C:N ratio (SOC concentration/N concentration) in the mineral soil were observed
(Figure 4). In the litter layer, Ttrt had a significantly higher C:N ratio compared to Ctrt and FTtrt (39, 32,
and 33, respectively). Surface soil layers (0–20 cm in depth) had a mean C:N ratio of ~24 across all
treatments, while deeper soil layers had normalized mean C:N ratios of 18, 19, and 17 for Ttrt, FTtrt,
and Ctrt, respectively. Soil organic C concentration was a significant predictor of N concentration in
the mineral soil, the two variables being positively related, and explained much of the variation in N
concentration (r2 = 0.9886) (Figure 5). These two variables were not significantly related in the litter
layer (Figure 5).

Figure 4. (a) Mean soil nitrogen (N) concentration by treatment; (b) mean soil organic carbon (SOC)
concentration to N concentration by treatment. Sample size for all treatments and soil depth layers is
three. Error bars represent ± one standard error. Means within each soil depth layer accompanied by
the same letter (i.e., “a” or “b”) are not significantly different (Tukey’s HSD, α = 0.1). Fert, fertilized.

Figure 5. Soil nitrogen (N) concentration versus soil organic carbon (SOC) concentration for:
(a) the whole mineral soil (n = 45); (b) the litter layer (n = 9). Dashed 25:1 line added to provide
a reference for the C:N ratio for the whole mineral soil.
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Soil was strongly acid across all treatments. Normalized by depth, mean soil pH values for the
mineral soil for Ttrt, FTtrt, and Ctrt were 5.05, 4.98, and 5.01, respectively. In the litter layer and upper
100 cm of mineral soil, FTtrt had consistently lower pH values than the other two treatments (Figure 6).
However, this difference was significant only in the 0–10 cm depth layer between FTtrt and Ttrt.

Figure 6. Mean soil pH by treatment. Sample size for all treatments and soil depth layers is three. Error
bars represent ± one standard error. Means within each soil depth layer accompanied by the same
letter (i.e., “a” or “b”) are not significantly different (Tukey’s HSD, α = 0.1). Fert, fertilized.

3.3. Soil Organic Carbon and Nitrogen Stocks

Calculated using the fixed-depth approach, SOC and N stocks in the mineral soil were consistently
highest for Ctrt at all depths (Figure 7). Compared to Ttrt, these differences were significant above
50 cm for SOC stocks and at all depths except the 50–100 cm soil depth layer for soil N stocks.
These differences were significant in the 10–20 and 100–150 cm soil depth layers for both SOC and N
stocks compared to FTtrt. Across all treatments, the majority of SOC and N stocks were below 20 cm
(≥55% and >60%, respectively) to a depth of 150 cm. FTtrt had a significantly greater litter layer mean
SOC stock compared to Ctrt and a significantly greater litter layer mean N stock compared to both
Ctrt and Ttrt. Mean litter layer thickness was similar for FTtrt and Ttrt (4.0 ± 0.3 and 3.8 ± 0.1 cm,
respectively) and was considerably (though not significantly) thicker for these two treatments than
for Ctrt (3.1 ± 0.6 cm). Cumulative SOC stocks were significantly less at all depths below the litter
layer for Ttrt compared to Ctrt, with a difference of 28% to a depth of 150 cm (Figure 7). The portion of
this difference that occurred below 20 cm was 72%. FTtrt SOC stock to 150 cm in depth approximated
the average of the other two treatments and was not significantly different from either. Cumulative
N stocks followed similar trends (Figure 7). Ttrt had 29% less soil N than Ctrt to a depth of 150 cm,
with 76% of this difference occurring below 20 cm.

The mass-based estimation of SOC and N stocks yielded similar results to the fixed-depth
approach (Figure 8). Total differences in SOC and N stocks between Ctrt and Ttrt were 25% and
27%, respectively, slightly less than for the fixed-depth approach. The portion of these differences that
occurred in deeper soil below ~20 cm was 56% and 64%, respectively.
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Figure 7. Mean soil organic carbon (SOC) and nitrogen (N) stocks by treatment calculated using the
fixed-depth approach (Equations (2) and (3)). (a) Mean SOC stock by soil depth layer; (b) mean soil N
stock by soil depth layer; (c) cumulative mean SOC stock; (d) cumulative mean soil N stock. Sample
size for all treatments and soil depth layers is three. Error bars represent ± one standard error. Means
within each soil depth layer accompanied by the same letter (i.e., “a” or “b”) are not significantly
different (Tukey’s HSD, α = 0.1). Fert, fertilized.
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Figure 8. Mean soil organic carbon (SOC) and nitrogen (N) stocks by treatment calculated using
the mass-based approach (Equation (4) and web-accessible spreadsheet [59] created by Wendt and
Hauser [58]). (a) Mean SOC stock by soil depth layer; (b) mean soil N stock by soil depth layer;
(c) cumulative mean SOC stock; (d) cumulative mean soil N stock. Sample size for all treatments and
soil depth layers is three. Error bars represent ± one standard error. Means within each soil depth layer
accompanied by the same letter (i.e., “a” or “b”) are not significantly different (Tukey’s HSD, α = 0.1).
Fert, fertilized.

3.4. Carbon Stocks and Sequestration

Total and belowground C stocks followed the same pattern as SOC stocks, with Ctrt and Ttrt

having the highest and lowest C stocks, respectively (Figure 9). Trends in aboveground and root C
sequestration were the opposite, with Ctrt and Ttrt having the lowest and highest C stocks, respectively.
However, none of these differences were significant. Approximately half or more of total C stocks
were contained in the soil across treatments (47%, 54%, and 58% for Ttrt, FTtrt, and Ctrt, respectively).
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Initial trees per hectare was a significant predictor of aboveground (p = 0.0031; r2 = 0.7363), root
(p = 0.0026; r2 = 0.7477), and total C stocks (p = 0.0479; r2 = 0.4503) and was positively related to these
three variables. There was no relationship between initial trees per hectare and SOC stock (p = 0.5513;
r2 = 0.053). Soil organic C stock was a significant predictor of total C stock, the two variables being
positively related, and explained more of the variation in total C stock than initial trees per hectare
(p = 0.0041; r2 = 0.7143).

Figure 9. Mean carbon (C) stocks by treatment. Total C stocks are the sum of above- and belowground
C stocks, where aboveground and root C stocks include the biomass of thinned trees, and belowground
C stocks are the sum of root C and soil organic C (calculated using the mass-based approach). Sample
size for all treatment groups and categories is three. Error bars represent ± one standard error. Means
within each category accompanied by the same letter (i.e., “a” or “b”) are not significantly different
(Tukey’s HSD, α = 0.1). Fert, fertilized.

3.5. Merchantable Volume

Merchantable volume, calculated in thousands of board-feet per acre (as 9.8-m long logs to a
15-cm top diameter), was significantly greater for FTtrt than Ttrt, a difference of ~11% (41.1 ± 0.4,
45.6 ± 1.3, and 43.0 ± 1.2 for Ttrt, FTtrt, and Ctrt, respectively). No other variable (e.g., SOC or N stock,
initial trees per hectare, and DBH) was significantly related to merchantable volume. Final mean DBH
(cm) was greatest for FTtrt and lowest for Ttrt, but these differences were not significant (13.0 ± 0.9,
16.2 ± 1.4, and 14.0 ± 1.6 for Ttrt, FTtrt, and Ctrt, respectively). Initial trees per hectare was a significant
predictor of DBH, the two variables being negatively related (p = 0.0024; r2 = 0.7529).

4. Discussion

It is important to first determine which approach, fixed-depth or mass-based, provided a more
accurate quantification and comparison of SOC and N stocks. While the fixed-depth and mass-based
approaches resulted in similar conclusions overall, the mass-based approach appears to have better
represented the degree of change along the vertical soil profile by comparing equal soil masses and
eliminating bulk density as a factor. Because bulk density was significantly higher for Ttrt than Ctrt

above 20 cm, the mass-based approach resulted in greater SOC and N stock differences between
these two treatments in the surface soil layers compared to the fixed-depth approach. Significant
differences in bulk density observed between treatments were most likely the result of changes in SOC
concentrations. This conclusion is supported by the lack of heavy equipment used during thinning
treatments (i.e., a lack of soil-compacting operations), as well as the fact that significant differences
in bulk density between treatments coincided with significant differences in SOC concentrations and
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occurred in soil layers where SOC concentration was a significant predictor of bulk density. In order to
account and correct for changes in bulk density with time (that have not resulted from soil erosion or
deposition), the mass-based approach is increasingly recommended for SOC and other soil-nutrient
inventories [58,60,70–73]. Soil organic C and N stocks quantified using the mass-based approach and
compared among equal soil masses will be considered the more accurate account in the current study,
as this process removed changes in bulk density as a confounding variable. Further discussion will
refer to the mass-based approach and mass-based calculations of SOC and N stocks.

Litter layer SOC and N stock differences between FTtrt and Ctrt primarily resulted from the greater
thickness of FTtrt litter layer compared to Ctrt, rather than from differences in SOC and N concentrations.
This greater litter layer thickness may have been due to increased N availability post-fertilization
treatments and thus increased understory biomass and turnover [12]. The significantly lower litter
layer soil N concentration of Ttrt compared to the other two treatments likely resulted from forest
floor organic matter additions with high C:N ratios (such as coarse woody debris left as slash on the
forest floor) and subsequent microbial N scavenging in this layer [21,22]. High microbial demand for
N during organic-matter decomposition for FTtrt post-thinning was likely compensated for by the
addition of N via fertilization treatments.

In the mineral soil, SOC and N stock differences between the treatments were due to differences
in SOC and N concentrations. Cumulatively, Ttrt and FTtrt contained 77.6 and 30.5 Mg ha−1 less
SOC, respectively, than Ctrt to a depth of ~150 cm. The difference between Ttrt and Ctrt SOC
stocks was significant and occurred over a shorter post-treatment timeframe (~11 years) than the
difference observed between FTtrt and Ctrt. Assuming equivalent SOC stocks pre-treatment, the rate
of post-treatment SOC loss for Ttrt was ~700 g C m−2 y−1 compared to Ctrt. The typical range of
SOC accumulation rates in temperate forest soils is ~2 to 70 g C m−2 y−1 [74], with an average rate
of 34 g C m−2 y−1. Raich and Schlesinger [75] reported a mean soil respiration rate for temperate
coniferous forests of 681 g C m−2 y−1. However, rates ranging between ~950 and 1750 g C m−2 y−1

have been measured [19,20,76]. Using average C flux rates, we estimate a potential Ttrt post-treatment
respiration rate of ~1350 g C m−2 y−1, which falls within the published range of soil respiration
rates for temperate coniferous forests. Of course, other mechanisms of SOC (and N) loss, such as
increased leaching and export, could also help explain observed differences in SOC and N stocks
between treatments.

Decreased radiation interception by trees post-thinning could have increased soil temperatures,
enhancing microbial metabolic activity and potentially accounting for some of the loss of SOC and
N from Ttrt compared to Ctrt [16–20]. Additionally, greater bulk density in the surface soil layers of
Ttrt compared to Ctrt could have increased heat-transfer rates to deeper soil layers [20,21] where the
majority of the SOC stock was contained and also lost. Fresh C inputs and the creation of preferential
flow paths due to the mineralization of root biomass, which can persist for many years following the
harvest of trees [31], and increases in DOC flux due to additional organic matter inputs and decreased
transpiration and rain interception [29,30] could have increased SOC decomposition via priming
post-thinning [23–25,32–34]. The soil sampled in the current study may be particularly vulnerable
to rapid SOC decomposition when subjected to changing environmental conditions and potential
priming effects, as it is an older soil that likely developed and accrued SOC over hundreds of thousands
to millions of years under relatively stable conditions [19,23–28,77].

In the surface soil layers (0–20 cm in depth), which contain the majority of root [78] and
microbial [79] biomass, the mean C:N ratio across treatments was ~24, suggesting tight N cycling and
the potential for N scavenging, particularly after the addition of high C:N slash to the forest floor
post-thinning [21,22]. However, nitrate leaching, which has been observed to increase under slash left
on the forest floor [35–39], is also a possible mechanism of N loss and SOC loss via priming [24,25]. FTtrt

may have been particularly vulnerable to nitrate leaching post-thinning treatments due to reduced N
uptake by roots coinciding with N fertilization. The lower pH in the upper 100 cm of mineral soil and
litter layer of FTtrt compared to the other two treatments indicates that a considerable portion of nitrate
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resulting from the nitrification of urea potentially was not taken up by plants, causing the net addition
of one proton (H+) to the soil solution per urea compound [80]. Nitrate leaching would have been
generally promoted by the high precipitation in the region studied. Notably, several of the excavated
pits had redoximorphic features as high as 75 cm in depth, indicating a relatively high or perched water
table. A previous study conducted at the same site identified soil features (massive, clay cemented)
below 3 m that could result in a perched water table [81]. As Douglas-fir roots commonly extend to
at least 3 m in depth [47], thinning treatments may have sufficiently reduced transpiration to allow
a local rise in groundwater level, particularly during the wet season. This rise would have enabled
the groundwater to contact more superficial soil layers that have higher DOC and N concentrations,
potentially increasing the export of DOC and various forms of N [37,41].

Although SOC stocks were significantly greater for Ctrt than Ttrt, differences in belowground
and total C stocks between these two treatments were diluted due to Ttrt having greater aboveground
and root C stocks, which increased with initial trees per hectare. On average, Ttrt had substantially
higher initial trees per hectare than Ctrt (952 and 682 trees ha−1, respectively). Interestingly, there was
no relationship between SOC stock and initial trees per hectare. This is somewhat counterintuitive
when thinning treatments, which did affect SOC stocks, were carried out similarly within about a
decade of the reductions in initial trees per hectare. However, several key differences may explain
this phenomenon. While thinning treatments occurred after crown closure, thus exposing previously
shaded and covered areas, reductions in initial trees per hectare occurred prior to crown closure
and would not have drastically changed soil conditions. More substantial understory cover prior to
crown closure likely insulated the soil from significant temperature changes and increased N uptake
following reductions in initial trees per hectare, decreasing nitrate leaching and helping to retain N
on-site [82,83]. At this early stage in stand and plant development, leaves and roots would have had a
lower C:N ratio [84], reducing the potential for N scavenging during the decomposition of organic
matter left on-site. Additionally, roots would have been less dense and rooted less deeply in the soil,
likely decreasing DOC flux and the potential for priming effects compared to thinning treatments
implemented years later. Differences in soil microbial communities can also lead to differences in
SOC and nutrient dynamics. Smith et al. [85] found that soil microbial communities differed between
younger and older forests in a study examining forests aged 20 years and older. Although initial
trees per hectare were reduced at the site in the current study when the stand was aged <15 years,
differences in ground and soil conditions—and thus differences in microbial communities—would
likely be greater between juvenile and adult stands than between younger and older adult stands.
The lack of relationship between SOC stock and initial trees per hectare suggests that potentially lower
SOC accumulation over time due to reduced root C inputs (from reduced root biomass) post-thinning
did not play a substantial role in decreasing the SOC stock of Ttrt compared to Ctrt.

Despite greater merchantable volume for FTtrt compared to Ctrt, any net monetary gains would
have been minimal due to the additional expenses of fertilization and thinning treatments. Ttrt resulted
in the least financial gain over the length of the rotation (i.e., it had the lowest merchantable volume in
addition to incurring thinning expenses) and reduced soil quality and nutrient stocks for the succeeding
rotation. On the other hand, reducing the initial trees per hectare prior to crown closure did not affect
SOC and N stocks and the variation in total C stock was explained more by SOC stock (71%) than by
initial trees per hectare (45%). Therefore, the typically low-cost practice of reducing initial trees per
hectare could provide benefits such as increased stand stability, health, and DBH, while potentially
avoiding negative effects such as reducing SOC and N stocks.

5. Conclusions

This long-term study shows that forest-management practices can affect both surface and deep
SOC and N stocks on decadal timescales. Thinning treatments reduced SOC and N stocks by 25% and
27%, respectively, with most of this loss occurring below ~20 cm to a depth of ~150 cm. Changing
the soil environment by affecting the ecosystem, C inputs, roots, and soil properties can increase
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SOC decomposition, N mineralization, and SOC and N export. In this study, a combination of these
factors and their complex interactions likely resulted in the observed decreases in SOC and N stocks
post-thinning. Although thinning treatments had a negative effect on SOC and N stocks, reducing
the initial trees per hectare prior to crown closure is a low-cost alternative practice that could provide
the stand benefits associated with thinning a more mature stand without decreasing soil fertility and,
potentially, the productivity of future stands. Additional field studies should examine the mechanisms
behind SOC and N losses post-thinning (particularly in deeper soil layers) and the effects on stand and
soil dynamics of reducing the initial trees per hectare at various intensities and stages prior to crown
closure. As the majority of SOC and N stocks are contained in deeper soil layers, accurately assessing
SOC and N budgets and comparing changes over time requires sampling soil deeper than 20 cm.
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Abstract: Rapid economic development and accelerated urbanization in China has resulted in
widespread atmospheric nitrogen (N) deposition. One consequence of N deposition is the alteration
of mycorrhizal symbioses that are critical for plant resource acquisition (nitrogen, N, phosphorus, P,
water). In this study, we characterized the diversity, composition, and functioning of ectomycorrhizal
(ECM) fungal communities in an urban-adjacent Pinus elliottii plantation under ambient N deposition
(~24 kg N ha−1 year−1), and following N fertilization (low N, 50 kg N ha−1 year−1; high N,
300 kg N ha−1 year−1). ECM functioning was expressed as the potential activities of extracellular
enzymes required for organic N (protease), P (phosphomonoesterase), and recalcitrant polymers
(phenol oxidase). Despite high ambient N deposition, ECM community composition shifted under
experimental N fertilization, and those changes were linked to disparate levels of soil minerals (P, K)
and organic matter (but not N), a decline in acid phosphatase (AP), and an increase in phenol oxidase
(PO) potential activities. Based on enzyme stoichiometry, medium-smooth exploration type ECM
species invested more in C acquisition (PO) relative to P (AP) following high N fertilization than
other exploration types. ECM species with hydrophilic mantles also showed higher enzymatic PO:AP
ratios than taxa with hydrophobic mantles. Our findings add to the accumulating evidence that
shifts in ECM community composition and taxa specialized in organic C, N, and P degradation could
modulate the soil nutrient cycling in forests exposed to chronic elevated N input.

Keywords: extracellular enzymes; hyphal exploration strategy; China; atmospheric nitrogen
deposition; Russula

1. Introduction

Atmospheric nitrogen (N) deposition has more than doubled the inputs of N into many forest
systems. One consequence of N deposition has been the increase in forest productivity [1]. Another is
the alteration of soil microbial communities, and especially mycorrhizal communities [2–4]. Most forest
trees, such as Pinaceae, depend on symbioses with ectomycorrhizal fungi (ECM) for resource uptake
(nitrogen, N, phosphorus, P, water) from soil, and different ECM taxa appear to specialize in various
forms of organic resources (reviewed in Lilleskov et al. [5]). As a result, mycorrhizal diversity may
underpin many forest ecosystem services including nutrient cycling and water use efficiency. Although
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studies have widely demonstrated declines in ECM diversity and changes in ECM community
composition following N-enrichment [3,6–12], the extent to which these changes influence the
functional capacity of ECM is less well understood [13–16]. In this study, we examined the diversity
and functioning in ECM communities under ambient N deposition and following N fertilization in an
urban-adjacent Pinus elliottii plantation.

Enzymatic activities comprise one type of ECM functional trait that can be directly linked
to ecosystem nutrient cycling [17]. Most ECM fungal taxa produce a diversity of extracellular
and cell wall-bound hydrolytic and oxidative enzymes that mobilize the release of smaller
organic molecules (potential C, N, or P sources) from soil organic matter (SOM) [17], including
polyphenol–protein complexes. Studies have revealed substantial interspecific differences in ECM
enzymatic activities [18–28]. Such differences can be predicted in part by ECM life history strategies.
Key among these is the abundance and morphology of external hyphae among ECM taxa, also referred
to as “hyphal exploration strategy” [29]. Each exploration type can vary in its capacity for enzymatic
mobilization, uptake, and transfer of nutrients to the host. For example, long-distance exploration
types form extensive networks of hyphae and rhizomorphs, are typically abundant in N-limited
soils, and appear to be specialized in N-acquisition from complex organic substrates. Conversely,
contact-types are more frequently detected in mineral soils, show lower proteolytic capabilities,
and access inorganic N sources that are more readily assimilated [6,29]. Differences in ECM taxa and
their exploration strategies could therefore have an impact on tree nutrition through changes in their
morphological and functional (enzymatic) traits.

Biotic (host C allocation) and abiotic (climate, soil nutrients, pH) factors can also influence
ECM enzyme activities. Ectomycorrhizal fungi may respond to shortages in host C allocation by
up-regulating the activity of enzymes used to obtain labile carbohydrates [13], while changes in the
relative availabilities of N and P are known to modify the activity of extracellular N- and P-mobilizing
enzymes. For example, N fertilization could accelerate the degradation of easily decomposable litter
and reduce the activity of extracellular ECM enzymes targeting recalcitrant litter with high levels of
lignin and complex organic forms of N [24–28]. Both outcomes may reflect the stimulation or repression
of different sets of enzymes. In addition, the activity of P-mobilizing enzymes has been shown to
increase following N fertilization as a way to offset plant P demand [7]. However, neutral and negative
effects have also been noted [7]. Any changes in the activity of these enzymes may reflect alterations
in the ECM community and the physiological functioning of their constituent species. Such shifts, in
concert with declines in ECM root colonization following N fertilization [30], could feedback to impact
plant nutrient uptake.

Much of our knowledge of N enrichment effects on ECM communities has been obtained from
studies in North American and European forests. However, forests in China have also experienced
increasing inputs of anthropogenic N deposition owing to rapid economic development, urbanization,
and intensified agricultural activities [31–34]. In the forests of south-central China, dry N deposition
contributes ~24 kg N ha−1 year−1 (as NH4-N) derived from power generation, traffic, and intensive
fertilizer applications. In this region, forest plantations are comprised of a fast-growing non-native
pine (Pinus elliottii, slash pine) that was planted to ameliorate land degradation. Although ECM fungi
are critical for the growth and nutrition of Pinus species, it is unclear how interactions between N
enrichment and a non-native pine could feedback to alter ECM communities and their ecosystem
function in soil nutrient dynamics [35,36].

In this study, we examined the link between the ECM community structure and functioning under
ambient N-deposition and following N fertilization in a Pinus elliottii (slash pine) plantation. To put our
study in context with previous research, we first examined the effect of ambient N deposition and N
fertilization on soil fertility and ECM community composition, diversity, and root colonization. Next,
we tested the capacity of ECM fungal colonized root tips to produce an oxidative enzyme involved in
the degradation of recalcitrant plant residues (phenol oxidase), and hydrolytic enzymes for organic N
(protease) and P (phosphomonoesterase) mobilization. We used these results to address two questions:

130



Forests 2018, 9, 99

(1) Are there parallel shifts in ECM fungal community structure and functioning with increasing N
availability?; (2) Are there ECM fungus species-specific differences in N and P enzyme activity, and if
so, do these changes reflect soil fertility or other factors (e.g., hyphal exploration)?

2. Materials and Methods

2.1. Study Site

Our study was undertaken in 35-year-old slash pine (P. elliottii) stands at the Hunan Forest Botanic
Garden (113◦02′03′ E, 28◦06′07′ N), Changsha city, Hunan Province, China. The climate is typical
subtropical humid monsoon with a mean annual temperature of 17.4 ◦C and annual precipitation
of 1549 mm, most of which occurs between April and October. The soil is classed as an Alliti–Udic
Ferrosol (equivalent to Acrisol; IUSS Working Group WRB, 2006), which is generally a clay loam red
soil developed from slate and shale parent rock. These soils are acidic (pH = 4.14–4.21 [31]) with
deficiencies of SOM and P, and high levels of Fe and Mn (Table 1).

Nine plots (each 10 m × 10 m) enclosing at least five pine trees were established in June 2010
using a completely randomized design. A 3 m buffer zone was installed around each plot to prevent
N fertilizer contamination among plots. Three plots were randomly allocated to each of three N
fertilizer levels: control (ambient N, no fertilization), low (50 kg N ha−1 year−1), or high nitrogen
(300 kg N ha− 1 year− 1). The fertilization rates represent the expected input from N deposition in the
near future (low N), as well the potential long-term cumulative N inputs from atmospheric deposition
(high N [31–34]). Nitrogen fertilization treatments were applied twice a year (January, June) for three
years as a solution of NH4NO3 uniformly sprayed across the plot. Control plots were sprayed with a
similar volume of deionized water.

Table 1. Mean levels of soil nutrients in control and N-fertilized plots. Data represents mean with the
standard error in parentheses.

N Fertilization Level

Soil nutrient Control (n = 36) Low (n = 36) High (n = 36)
Organic matter (g kg−1) 26 (2) ab 21 (2) b 28 (2) a

Total N (g kg−1) 1.34 (0.1) a 1.26 (0.1) a 1.48 (0.1) a
Organic C:N 12 (1) a 10 (1) a 12 (2) a

Available N (μg g−1 soil) 26 (1.9) a 25 (1.3) a 27 (1.7) a
Total P (μg g−1 soil) 110 (4) b 122 (5) a 115 (4) b

Available P (μg g−1 soil) 3.5 (0.1) c 4.6 (0.2) a 3.0 (0.1) b
N:P 12 (1) a 11 (1) a 13 (1) a

K (μg g−1 soil) 69 (6.8) a 64 (2.7) a 41 (1.8) b
Ca (μg g−1 soil) 193 (18) a 257 (15) a 216 (16) a
Mg (μg g−1 soil) 896 (22) b 1051 (20) a 977 (23) a
Fe (μg g−1 soil) 15,986 (266) b 16,273 (140) b 17,034 (169) a
Mn (μg g−1 soil) 80 (7) b 101 (6) a 114 (6) a

CEC (cation exchange capacity) 20 (1.6) a 18 (1.2) a 19 (1.8) a

Means within rows with the same letter do not differ significantly at p < 0.05 by Tukey’s Honestly Significant
Difference (HSD) test.

2.2. Sample Collection

Three slash pine trees in each plot were sampled for ECM fungi in August 2013. Four soil cores
(10 cm diameter, 15 cm deep), representing one core from each of the cardinal directions, were collected
for each tree (total n = 12 cores per plot). Soil cores were placed in individual plastic bags and then
stored at 4 ◦C until processing (within 7 days). A sub-sample of soil from each core was sieved to
2 mm and analyzed for soil N, P, K, Ca, Mg, Fe, Mn, and organic matter (OM, organic C × 1.724) at
the National Engineering Laboratory for Applied Technology of Forestry and Ecology in South China.
Analytical methods are detailed in supporting materials (Supplementary S1). Soil cation exchange
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capacity (CEC) was calculated as the sum of exchangeable cations (K, Ca, Mg) on an equivalent basis.
The remaining soil in each core was sieved over 2 and 0.25 mm sieves. Fine roots collected on each
sieve were gently washed to remove adhering soil and pooled for each tree. To quantify ECM root
colonization, six roots (~10 cm long) per tree were randomly selected and examined by counting
ECM root tip numbers. Every root tip was examined under 40× magnification for the presence of
ECM colonization (i.e., turgid, swollen root tips with a well-developed mantle), and then sorted into
morphological categories based on mantle color and texture, and the morphology of external hyphae
on the root tip [5,29] and the publicly available database DEEMY (http://www.deemy.de/).

2.3. Enzyme Assays

Three extracellular enzymes: acid phosphatase (AP, EC 3.1.3.2), protease (PRO, EC 3.4.23),
and phenol oxidase (PO, EC 1.14.18.1) were assayed. The enzyme substrates were 5 mM p-NP
(p-nitrophenyl phosphate) for AP; 25 mM L-DOPA (L-3, 4-dihydroxyphenylalanine) for PO; and a
general proteolytic substrate, Azocoll® (<50 mesh, Calbiochem-Behring Corp. La Jolla, CA, USA)
for PRO [37]. All substrates were prepared in 50 mM sodium acetate-acetic acid buffer (pH 5.0,
Sigma Chemical, Co. St. Louis, MO, USA). Root tip enzyme activity was assayed using the
high-throughput microplate method described by Pritsch et al. [20], with one modification. Instead
of a porous microplate, we constructed strips of eight plastic microscopy capsules (diameter 5 mm,
height 15 mm) that were perforated at the base (Leica catalog no. 16702738); each strip of capsules fit
into eight wells of a 96-well microplate.

For each classified morphotype per tree (generally 3–5 morphotypes), seven active root tips of
the same diameter were selected and trimmed to 4 mm length, and one root tip was then placed in
an individual capsule. Using ECM root tips with trimmed ends may have introduced intracellular
enzymes into the analyses. However, hydrolytic (e.g., AP) and oxidative (e.g., PO) enzymes tend to be
unaffected by cell lysis [38], and intracellular phosphatase tends to have an alkaline pH optima [39].
Non-colonized roots were not assayed for enzyme activity, as these frequently host saprophytic fungi
with similar enzyme capacities as ECM [37].

Strips of capsules containing root tips were incubated in microplate wells each containing 100 μL
of an individual substrate for 1 h at 37 ◦C (AP, PO) or two-hours (PRO) in the dark. As a control,
root tips were bathed in buffer for each incubation step. At the end of each incubation period, capsules
were removed from the microplate, and enzyme reactions terminated by the addition of 100 μL of
sterile water (PRO, PO) or 100 μL NaOH (pH > 10, 0.2 M; AP) to each well, and absorbance measured
at 405 nm (AP), 520 nm (PRO), or 450 nm (PO). After the assays were completed, each root tip was
removed from the well, rinsed in deionized water, and three root tips of each morphotype per tree
were frozen at −80 ◦C for later molecular identification, while the remaining root tips were dried to
constant weight (65 ◦C). All measured enzyme activities were calculated per gram dry weight root per
hour, and averaged among the weighted root tips of the assay group.

2.4. Identification of ECM Fungi on Root Tips

DNA from ECM root tips was extracted using DNeasy Plant Mini Kit (Qiagen SA, Coutaboeuf,
France) following the manufacturer’s instructions. Genomic DNA was amplified using the ITS1-F/ITS4
primer pair [40,41], after which the PCR products were visualized by gel electrophoresis. Samples
with single bands were prepared for sequencing using ITS-4 and Big Dye Terminator Kit (Applied
Biosystems, Foster City, CA, USA), and analyzed on an Applied Biosystems 3130xl Sequencer.
PCR products with multiple bands were cloned using TOPO TA cloning kit (Invitrogen, Carlsbad, CA,
USA). Successfully cloned colonies were amplified using primer pair M13F/M13R, screened using gel
electrophoresis for the appropriate sized PCR products, and sequenced.

Sequences were manually aligned and edited in CodonCode Aligner 4.2.4 (CodonCode, Co.
Centerville, MA, USA) and sequence homologies determined using the Basic Local Alignment Search
Tool algorithm (BLAST v2.2.29 [42]) or the UNITE database v7 [43] for operational taxonomic unit
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(OTU) clustering. A root tip sample was considered a species match to a database taxon if their
sequences had 97% or greater similarity and were aligned over at least 450 base pairs. If no match
could be made, a taxonomic placement was made by aligning the sample sequence with representative
sequences of fungi from the major ECM clades. The same criteria for BLAST species matching were
used to assign a taxonomic identity. Sequences from this study have been deposited in NCBI with
access numbers KP866117–KP866136.

2.5. Data Analyses

All analyses—except species richness and diversity estimates—were completed in R 3.1.2
(R Project for Statistical Computing; http://www.R-project.org) with the “vegan” package [44].
Differences in the levels of soil nutrients between each treatment were analyzed using a one-way
analysis of variance (ANOVA), followed by pairwise comparisons using the Tukey’s Honestly
Significant Difference (HSD) test. Data sets were cube root transformed before ANOVA to meet
the assumptions of normality. Estimates of ECM species richness (Mao Tau, Chao2, Jackknife2)
and diversity (Shannon-Wiener; Simpson) were calculated for each treatment in EstimateS using 50
randomizations with replacement [45]. Differences in ECM species richness and diversity and ECM
root colonization among treatments were analyzed using one-way ANOVA and Tukey’s HSD.

The effect of N fertilization on ECM community composition was tested using non-metric
multidimensional scaling (NMDS) using Bray–Curtis dissimilarities followed by permutational
analysis of variance (PERMANOVA) to test for ECM compositional differences between treatments
(999 permutations). We then used vector fitting to the NMDS ordination to determine the effects
of soil nutrients; significance values were generated using 999 random permutations. The effect
of N fertilization on ECM community enzyme activity was similarly analyzed using NMDS
and PERMANOVA.

Potential enzyme activities were used to calculate the relative contribution of each ECM species
to community enzyme activity as well as changes in enzyme stoichiometry (also known as enzyme
acquisition ratios) between N fertilization treatments. The relative contribution (RC) of each ECM
species to community enzyme activity in each N fertilization treatment was calculated as

(activityspecies × root tip abundancespecies)/total activity of the ECM community

where species represents an individual ECM species, and total activity of the ECM community was
calculated as [13,46]

∑ (activity × root tip abundance)species.

Enzyme data were also used to calculate enzyme stoichiometry (also known as enzyme acquisition
ratios) in each N fertilization treatment as PRO:AP, PO:PRO, and PO:AP.

Differences in potential enzyme activity (AP, PRO, PO) and stoichiometry (PRO:AP, PO:PRO,
PO:AP) between N fertilization treatments and between ECM exploration and mantle types in response
to N fertilization treatments were analyzed using mixed-effect ANOVA with N-treatments (control,
low N, high N) and mantle type (hydrophilic, hydrophobic) or exploration type (contact, short-,
and medium-distance) [5,29] as fixed effects and plots as random effects. ANOVA were followed
by comparisons using Tukey’s Honestly Significant Difference (HSD) test for significant variables.
Relationships between the enzyme activity and ECM root colonization or soil factors were tested using
Spearman’s r correlation test. The relative enzyme activity in each ECM species was compared and
analyzed against the community average in each enzyme and N fertilization level using t-tests. Data
sets were square root (enzyme potential) or arcsine square root transformed (root colonization, enzyme
ratios) before analyses to meet the assumptions of normality.
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3. Results

3.1. Soil Fertility

Nitrogen fertilization resulted in significant increases in levels of Mn and Mg, and declines in
available P and K relative to control plots. Levels of soil OM and Fe were highest in the high N
fertilization treatment (Table 1). However, there was no significant effect of N fertilization on total or
available soil N, C:N, total P, Ca, or CEC (18–20 ± 1.5 Meq).

3.2. ECM Community Composition and Diversity

Root tips (742; Control: 294; Low N: 224; High N: 224) were sorted into morphological groups, and
from these tips, and we submitted 318 root tips for molecular analysis and successfully recovered 350
sequences, including several clones from double bands PCR products. Using a 97% sequence similarity
cut-off, we identified 257 sequences representing 24 unique OTUs (hereafter referred to as species)
that were ECM (Table 2). The remaining fungi were taxa traditionally considered as saprotrophic
(Paecilomyces, Sphaeropsis, Penicillium) or of uncertain mycorrhizal status (e.g., Basidiodendron, Mycena).

Members of the Helotiales (Ascomycota) and Thelephoraceae (Basidiomycota) dominated the
ECM community. Many ECM species were detected in both the control and N-fertilized plots, including
Tylospora (Atheliaceae), Lactarius (Russulaceae), and members of the Ascomycota (e.g., Helotiales spp.).
Nine ECM fungi were absent in control plots (e.g., Scleroderma) while an additional three taxa were
N-sensitive and recovered only in the control plots (e.g., Cenococcum sp. 2). Levels of species richness
and diversity did not differ significantly between N-fertilized and control plots (Table 3). Trees in
Control (42 ± 9%) and Low N plots (44 ± 10%) showed significantly higher levels of ECM root
colonization relative to high N plots (21 ± 6%; p = 0.039).

NMDS showed that ECM communities from N fertilization treatments were separated from one
another in ordination space (Figure 1a; p < 0.05 for PERMANOVA among all three treatments). ECM
community composition was significantly correlated with mineral nutrients (Mg, K, P) and organic C,
as these resources decreased (mineral nutrients) or increased significantly (soil organic matter) in high
N plots (Table 1).
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Figure 1. Non-metric multidimensional scaling (NMDS) ordination of ectomycorrhizal (ECM) fungal
communities in control and N-fertilized plots based on: (a) the ECM root tip community, (b) the
activity of extracellular enzymes. Each point represents the fungal community composition in each
plot. Significant environmental variables are shown: P-phosphorus; K-potassium; Mg-magnesium.
AP: acid phosphatase; PO: phenol oxidase; PRO: protease.
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Table 3. Estimators of operational taxonomic unit (OTU) richness and diversity of ECM fungi in
different treatments. Data represents mean with the standard error in parentheses per plot; n = 3 (3).

Sites

Rarified Species Richness
Estimators of Expected
Total Species Richness

Diversity Indices

Mao Tau
Mao Tau (50
runs mean)

Chao 2 Jackknife 2 Shannon’s H’ Simpson’s 1/D

Control 5.67 (1.67) 6.41 (1.58) 8.54 (1.20) 8.78 (2.19) 2.79 (0.96) 5.89 (1.31)
Low N 4.33 (1.45) 4.5 (1.08) 5.1 (1.24) 6.28 (1.53) 1.35 (0.25) 4.06 (0.98)
High N 4.33 (0.67) 5.1 (0.37) 5.99 (0.32) 6.80 (0.12) 2.84 (1.40) 4.59 (0.43)

p a 0.729 0.508 0.119 0.52 0.519 0.444
a p-value for effect of fertilizer treatment.

3.3. Extracellular Enzyme Activity

Although we measured enzyme activities in 742 individual ECM root tips, we used results from
only those ECM taxa with well-supported molecular identities in the statistical and comparative
analyses. Consequently, we used the results from 426 root tips (Control: 166; Low N: 126; High N: 134),
which represented eight ECM fungal taxa. These taxa were recovered in sufficient numbers across
all treatments so that at least three individual root tips of each species from each treatment could be
assayed (Table 2, species names in bold). Overall, High N fertilization resulted in a significant increase
in PO activity (p = 0.004 for ANOVA) and decrease in AP activity (p = 0.035 for ANOVA), but had no
significant effect on PRO activity (p = 0.795 for ANOVA) (Figure 2).
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Figure 2. Mean levels of (a) acid phosphatase, protease, and phenol oxidase activity; and (b) enzymatic
stoichiometric PRO:AP, PO:PRO, and PO:AP in ectomycorrhizal communities in control and
N-fertilized plots. Vertical bars indicate the standard error of the mean; for each enzyme (or ratio),
columns with the same letter do not differ significantly at p < 0.05 based on Tukey’s HSD test.
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Potential AP and PO activity were correlated with levels of soil P and K. Potential AP activity
was negatively correlated with total (r = −0.086, p = 0.023) and available soil P (r = −0.077, p = 0.044),
and total K (r = −0.082, p = 0.030). Potential PO activity was positively correlated with soil P (r = 0.154,
p < 0.001) and available (r = 0.109, p = 0.004) and total K (r = 0.101, p = 0.008). There was no relationship
between PRO and any tested soil factor. Potential enzyme activity was also correlated with root tip
colonization in low (r = 0.611, p = 0.001) and high N plots (r = 0.445, p = 0.029), but not in control plots
(r = 0.229, p = 0.281).

The NMDS ordination showed significant differences in ECM community between N fertilization
treatments based on enzyme activity (Figure 1b; p = 0.001 for PERMANOVA). This pattern was driven
by PO activity, because high N plots had significantly higher levels of PO activity than control or low
N plots (Figure 2).

Enzyme activity varied significantly between ECM species (Figure 3; Figures S1 and S2). Overall,
Helotiales sp.1, and Thelephoraceae were the largest contributors to ECM community enzyme activity
in most enzyme systems and N fertilizer treatments, and relative enzyme activity in these taxa was
always significantly greater than the community mean (Figure 3a–c). Certain taxa were restricted to a
specific enzyme system or N fertilization treatment (e.g., Lactarius for PO in N plots; Figure 3c), but for
the most part, ECM taxa varied in their relative activity among enzyme systems and N fertilization
treatments. For example, the activity of Atheliaceae has greater contribution to the community for AP
in high N plots (Figure 3a), and for PRO in control plots (Figure 3b). There was also strong inter-specific
variation in relative enzyme activity among the three species of Helotiales.
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Figure 3. Levels of ectomycorrhizal (ECM) root tip relative abundance (open dot) and the relative
contribution (grey curve) of individual ECM group to overall ECM community activity of (a) acid
phosphatase (AP), (b) protease (PRO), and (c) phenol oxidase (PO) in response to N fertilization. Within
each panel for enzyme and N fertilization treatment, broken lines within each panel indicate the mean
community level of enzyme activity. Columns denoted with an asterisk (*) denote ECM species in
which enzyme activity was significantly greater (p < 0.05) than the mean community value.
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Fertilization altered the stoichiometry of enzyme activity by significantly increasing the depletion
of AP (P-cycling) relative to PO and PRO (C-, N-cycling, respectively; Figure 2b). In N-fertilized
plots, contact (Russulaceae) and medium-fringe (Atheliaceae) types showed a significant increase in
the PRO:AP ratio, whereas short (Cenococcum and Helotiales) and medium-smooth (Thelephoraceae)
types showed a decline (Figure 4a). Conversely, the PO:AP ratio increased in medium-smooth types
and declined in medium-fringe types (Figure 4c). The PO:PRO ratio declined significantly (contact,
medium-distance types) or did not differ significantly between treatments (short-distance; Figure 4b).
Although the PO:AP ratio was higher in ECM species with hydrophilic mantles (groups of Cenococcum,
Thelephoraceae, Russulaceae, and Helotiales spp.) compared to those with hydrophobic mantles (group
of Atheliaceae spp.) (Figure 5), this difference was not statistically significant (p = 0.223). Similarly,
PO:AP activity was greatest in high N plots, but again, this difference was not statistically significant
(hydrophilic p = 0.746; hydrophobic p = 0.391).

Figure 4. Mean (a) PRO:AP, (b) PO:PRO, and (c) PO:AP in ectomycorrhizal communities in control and
N-fertilized plots based on hyphal exploration strategy. For each enzyme and hyphal strategy, columns
with the same letter do not differ significantly at p < 0.05 based on Tukey’s HSD test. Root tip number
per exploration type is listed on the top panel.
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Figure 5. Mean (a) PRO:AP, (b) PO:PRO, and (c) PO:AP ratios based on mantle structure in control and
N-fertilized plots. Mantle types with the same letter did not differ significantly at p < 0.05 based on
Tukey’s HSD test. Root tip number per hydrophobicity type is listed on the top panel.

4. Discussion

Despite the high levels of ambient N deposition, we found that three years of N fertilization
produced shifts in ECM fungal community structure, and variously altered the abundances and
potential enzyme activities of ECM fungal taxa as well as the stoichiometry of extracellular enzymes
involved in P acquisition (AP) and lignin degradation (PO) (Question 1). Such shifts were related to
some extent to changes in nutrient availability (P, K, OM) created by N fertilization (Question 2) and
differences in enzymatic stoichiometry among ECM hyphal exploration types.

ECM fungal richness, diversity, and evenness were not significantly different across N fertilization
treatments. These results reconcile with earlier studies in oak [30] and spruce forests [3,47–49],
but seemingly contradict the majority of studies that show a rapid and substantial decline in ECM
fungal diversity following N fertilization e.g., [6,9–11,30] and increasing soil N levels along natural
gradients of productivity [50]. This result may reflect the short period (three years) over which the plots
were fertilized [6,51] or (more likely) that high levels of ambient N deposition may have pre-empted
any effects of the experimental N additions. Indicative of this condition, we found that even high N
fertilization (300 kg N ha−1 year1) did not significantly increase the levels of total and available N
over those in non-fertilized plots, and the levels of available N across all plots (25–27 mg N kg−1 soil)
exceeded those documented in an N-saturated pine forest in southern China [31]. Further, N additions
are expected to alter the quantity and quality of resources (i.e., litter C:N) so as to influence soil C:N.
However, we found that the soil C:N ratio did not differ significantly between N-fertilized and control
(ambient N) plots. Taken together, these findings suggest the soil was N-saturated so that any new
input of N (i.e., fertilizer) was likely leached from the system.

Even so, N fertilization was sufficient to alter ECM fungal community composition. The major
genera found in our study (e.g., Cenococcum, Thelephora, Tomentella, Sebacina, Inocybe, Russula) are
ubiquitous and dominant components in ECM communities. The most obvious indicators of

139



Forests 2018, 9, 99

N-enrichment were the increased abundance of ECM taxa considered to be nitrophilic (Russula,
Tomentella), the loss of N-sensitive fungi (Cenococcum), and the exclusion of protein-N-utilizing
ECM species (Suillus, Tricholoma, Cortinarius, Piloderma [5,30,48,49]). These results also reflect the
shift to an ECM fungal community comprising contact- (Russulaceae) and short-range exploration
types (Cenococcum, Helotiales), and certain medium-distance types (Thelephoraceae, Atheliaceae).
Our findings are in agreement with the well-documented patterns of ECM community change and
species’ abundances in response to N-deposition or fertilization noted elsewhere [8,11,30,49]. Unlike
these former studies, soil K, P, and OM were the primary soil factors associated with changes in
ECM fungal community structure, not N. This distinction could reflect the difference in major N
input as NH4-N versus NO3-N in our systems. Nevertheless, our results show that imbalances of
mineral nutrients will become increasingly important controls over ECM fungal community structure
in ecosystems with chronic N deposition or saturation.

Forest soils can become increasingly deficient in K and P as a result of atmospheric N deposition
or N fertilization, as occurred in our study plots [1]. However, ECM fungal communities respond
differentially to deficiencies of K versus P. For instance, deficiencies of soil K reduce fine root growth
and ECM colonization by impeding sucrose export from the leaves to the roots [52,53], but have no
effect on ECM community composition [54]. Conversely, P-deficiency tends to increase C allocation
belowground to stimulate root and ECM fungal growth and AP activity [55]. In our study, the decrease
in ECM root colonization with N fertilization is consistent with K deficiency. In contrast, the decline in
AP activity and changes in enzyme stoichiometry toward an increase in C-acquisition (PO) relative to
P (AP) with N fertilization was a clear contradiction of previous studies [56]. The precise reason(s)
for this response are beyond the scope of this study. However, it is possible that AP activity on ECM
root tips may have been low relative to the activity in the foraging extraradical mycelium in other
parts of the soil profile (i.e., functional compartmentalization [22,55]) or that there were changes in the
physiological competence of ECM root tips owing to reductions in C-allocation from the host [52,53].

N fertilization also resulted in ECM communities with high PO activity. N-fertilized communities
showed a net up-regulation in PO activity as individual ECM fungi showed an increased capacity to
degrade SOM. This is in general agreement with the widespread capacity of ECM fungi to oxidize
SOM [21,57,58] and the generally positive effect of soil N on litter degradation by ECM fungi [2,7].
Such increases in PO activity have been interpreted as a mechanism by which ECM acquire labile
carbohydrates when host C allocation is low [22,58], or that ECM generally degrade polyphenolic-rich
compounds as a consequence of mining for nutrients [20,22,59]. However, these mechanisms are not
mutually exclusive, and may vary in their importance depending on the extent of N-enrichment and/or
mineral nutrient deficits. Further studies are thus needed to determine the precise role(s) of each
mechanism in this system. Even so, the positive relationship between PO and AP activity suggests that
ECM fungi may have been similarly prospecting for P. Similarly, the significant correlations between
PO and soil P, K, and Mg content are consistent with the concept that ECM use oxidative enzymes such
as PO to mobilize mineral nutrients locked within organic matter-mineral complexes [13,17,20,24,57].

Without examining the relationship between ECM enzyme levels and chemical modifications
of SOM, we cannot exclude the possibility that ECM fungi also acquired labile C from degraded
substrates. In our analyses of ECM enzyme stoichiometry and potential energetic trade-offs, only ECM
fungi with the medium-distance smooth exploration type (Thelephoraceae) showed an increase in
SOM-degrading potential relative to P acquisition. This is not surprising, since the Thelephoraceae tend
to dominate in organic-rich soil horizons [18,60] and show some of the strongest potential activities
of degradative enzymes [4,6,61,62]. In addition, studies have shown that when host plants allocate
less C to their ECM fungi, either due to dormancy or defoliation, the relative activity of C-degrading
enzymes increases significantly [17,55,63].

ECM fungi may also experience trade-offs between the energetic demands associated with root tip
colonization versus the metabolically expensive production of enzymes. Under ambient N conditions
(control), ECM species with lower levels of root colonization showed disproportionately high levels of
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potential enzyme activity—an outcome that is consistent with energetic trade-offs [46]. Communities in
N-fertilized plots displayed a different pattern, whereby root tip abundance was positively associated
with enzyme activity (Figure 3). Such results are more typical of competitive interactions; that is,
where certain ECM taxa pre-emptively colonized roots and utilized resources [64,65] owing to
competition for spatial co-existence (a limited availability of root tips) or overlap in resource utilization
(limited C availability). Alternatively, the abiotic conditions created by N fertilization may have selected
for more closely-related taxa than expected by chance (environmental filtering [62]; e.g., members of
the Russulaceae and Thelephoraceae dominated N-fertilized plots). However, additional studies are
needed to distinguish between these explanations.

There is now substantial evidence that labile-C compounds derived from roots and fungal tissues
are the dominant inputs into stable SOC stores [66]. Up to 30% of the total C assimilated by plants may
be transferred to their ECM partner, meaning that any change in the symbiosis will have profound
effects on SOC storage. Our results address two sets of dynamics relating SOC to N availability.
The first focuses on the dynamics associated with increasing potential enzyme activity for SOM
degradation and the release of labile C compounds. Such elevated inputs of labile C may concomitantly
stimulate microbial activity and SOC decomposition (the “priming effect” hypothesis). These changes
would be expected to be associated with a more rapid turnover of the SOC pool and changes in litter
chemistry. However, more rapid decomposition is not synonymous with reductions in total SOC stocks
if coupled with similar increases in litter inputs and soil C stabilization. Conversely, soil microbes may
preferentially metabolize these pools of labile C over the mining of complex polymers (the “preferential
substrate utilization” hypothesis). This effect, combined with the observations that N fertilization can
inhibit SOC decomposition [1,2], may lead to increases in SOC following N fertilization.

The second focuses on ECM community dynamics. Carbon transferred to ECM fungi can also
contribute to SOC storage if fungal tissues decompose more slowly than non-mycorrhizal roots [67] or
if the fungal residues persist in long-term SOC stores. As a corollary, the tissue quality (C:N, melanin
content) of fungal necromass can influence degradation dynamics [68]. Thus, shifts in ECM community
composition and root colonization—and especially the differences in the extent of root tip colonization
between different ECM fungal species and their tissue chemistry—could feedback to influence the
quantity and quality of fungal residues entering the long-term C pool [69].

In the near future, this region in China is predicted to experience increasing N deposition.
Based on our results, we can hypothesize that increasing inputs of N are likely to exacerbate soil
P and K deficiencies, and compromise the capacity of ECM fungal communities to acquire mineral
nutrients. In addition, variations in ECM community composition and species’ functional plasticity
could undermine the contributions of fungal residues to long-term SOC stores. These findings add
to the accumulating evidence that increasing inputs of N—either from atmospheric deposition or
fertilization—will continue to impact forest health and productivity by altering soil mineral resources
and ECM community structure and functioning. Such prospects point to the need for a better
understanding of the role(s) of ECM functional traits, their interactions with host plant growth and
nutrient status, and their link to the relative soil nutrient availabilities. This multi-faceted approach
is urgently needed to improve forest health and productivity in this region, as well as patterns of C
stabilization and loss.

Supplementary Materials: The following are available online at www.mdpi.com/1999-4907/9/3/99/s1;
Supplementary S1: details of nutrient analyses. Figure S1: potential AP, PO, and PRO enzyme activity in
ECM hyphal exploration types in response to N fertilization. Figure S2: potential AP, PO, and PRO enzyme
activity in ECM hyphal hydrophobicity types in response to N fertilization.
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Abstract: While past research has studied forest succession on decadal timescales, ecosystem
responses to rapid shifts in nutrient dynamics within the first months to years of succession after fire
(e.g., carbon (C) burn-off, a pulse in inorganic nitrogen (N), accumulation of organic matter, etc.) have
been less well documented. This work reveals how rapid shifts in nutrient availability associated with
fire disturbance may drive changes in soil enzyme activity on short timescales in forest secondary
succession. In this study, we evaluate soil chemistry and decomposition extracellular enzyme activity
(EEA) across time to determine whether rapid shifts in nutrient availability (1–29 months after fire)
might control microbial enzyme activity. We found that, with advancing succession, soil nutrients
correlate with C-targeting β-1,4-glucosidase (BG) EEA four months after the fire, and with N-targeting
β-1,4-N-acetylglucosaminidase (NAG) EEA at 29 months after the fire, indicating shifting nutrient
limitation and decomposition dynamics. We also observed increases in BG:NAG ratios over 29 months
in these recently burned soils, suggesting relative increases in microbial activity around C-cycling
and C-acquisition. These successional dynamics were unique from seasonal changes we observed in
unburned, forested reference soils. Our work demonstrates how EEA may shift even within the first
months to years of ecosystem succession alongside common patterns of post-fire nutrient availability.
Thus, this work emphasizes that nutrient dynamics in the earliest stages of forest secondary succession
are important for understanding rates of C and N cycling and ecosystem development.

Keywords: carbon; decomposition; disturbance; ecosystem process; extracellular enzymes; exoenzymes;
forest fire; nitrogen; soil enzymes; succession

1. Introduction

Global change pressures have increased the prevalence of forest fires in western North America [1–3].
Therefore, a better understanding of the connection between resulting perturbations in environmental
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factors and ecosystem processes, such as decomposition, will be vital to modeling ecosystem responses
in the wake of such disturbance [4–7]. Microbial production of extracellular enzymes (EEA) involved
in decomposition is regulated by quantity and quality of substrate that can change strongly after
forest fires, although other factors such as moisture and pH are known to impact EEA as well [8–10].
In particular, fire disturbances dramatically alter soil pH, water holding capacity, and carbon (C) and
nitrogen (N) pools [11,12], which may all continue to change through succession. These factors may
thus affect microbial investment in both C- and N-targeting decomposition enzymes across short time
scales of ecosystem recovery (e.g., months).

Past studies in post-fire forest soils have evaluated changes in edaphic properties, microbial
communities, and related EEA over decadal time scales [13,14], while shorter-term successional
dynamics are less well characterized. However, research has more recently shown the importance
of changes in microbial function across short timescales of succession [15–17]. Work in similar
forest ecosystems relating to mountain pine beetle kill has shown not only long-term effects of
such disturbance, but also immediate, short-timeframe impacts on microbial function, such as
respiration [17]. Altogether, this body of work has demonstrated that even when succession is
considered over just months to years after a disturbance, shifts in nutrient pools—such as in ammonium
(NH4

+) and C availability—can have strong effects on microbial function [16–18]. Indeed, immediately
after fires, burning of soil organic matter leads to alteration of soil C pools; fires can both burn-off C and
alter its chemistry [12,19]. For N pools, a pulse of inorganic N occurs immediately after severe burns,
which may either be rapidly exported from the ecosystem or persist into the first year following the
fire [11,12]. Thus, even on a timescale of months to years after disturbance, these rapid and profound
shifts in nutrient pools may influence microbial processes, such as the production of extracellular
enzymes, which are central to nutrient cycling and ecosystem dynamics.

Here, we chose to examine early succession on a timescale of months after a high-severity forest fire
to understand how soils and microbial enzyme production may change during this time period [20–23],
with putative implications for the trajectory of ecosystem development [24,25]. Importantly, we focus
on high-severity wildfires that are increasingly prevalent in montane forests of the U.S. Intermountain
West [2] and can elicit particular responses in soil edaphic properties and microbial communities
that are different from lower-severity burns; studies have shown that burn severity can differentially
influence soil nutrient pools, C chemistry transformations, soil physical properties, and microbial
community composition (for example [6,18,26]). While past work has evaluated shifts in EEA [14] and
environmental controls on enzyme potential across secondary succession in general [27], our study
examines how relationships between edaphic properties and decomposition enzyme activity may
change within the first years of succession following a severe forest fire. We contrast these relationships
between the fire-disturbed (burned) soils and undisturbed (reference) forest soils to highlight the effect
of fires versus a control, as well as elucidate successional vs. seasonal patterns.

Specifically, we assessed edaphic properties, nutrient pools, and microbial enzyme activities
relating to C and N cycling of soils across three time points in the initial stages of succession spanning
29 months after a major forest fire. We characterized the soil C and N resource environment and
β-1,4-glucosidase (BG) and β-N-acetylglucosaminidase (NAG) decomposition enzymes that target
these resources [9]. Across a global scale, BG and NAG both show strong positive relationships to soil
organic matter, NAG shows strong negative relationship with pH, and BG is weakly related to mean
annual precipitation [9]. As such, we assessed the activities of these enzymes alongside nutrient pools,
pH, and moisture. Enzyme potential and soil nutrient pools are well suited for examining successional
patterns as they may broadly persist over inter-seasonal time scales [28] and thus reflect successional
patterns beyond seasonal variability.

We hypothesized that on month to year scales of forest secondary succession, changes in soil
enzyme activity occur given rapid alterations to edaphic properties after fire disturbance. We further
hypothesized that correlations between nutrient pools and EEA would vary between burned and
reference soils given the different roles of nutrient limitation (such as stronger C limitations in burned
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soils); and, that the strength of correlations between BG and NAG with nutrient pools would change
over time to reflect common post-fire shifts in nutrient availability in burned soils. Accordingly, for
burn soils we hypothesized that enzyme dynamics would reflect rapid shifts in nutrients that occur
after fires: initially low C and high N pools would drive correlations between nutrient pools and BG,
whereas with accumulating C and reductions in N over time, correlations between nutrient pools and
NAG activity would become more prominent [29,30].

2. Methods

2.1. Site and Soil Properties

Samples were collected in the Fourmile Canyon, Boulder County, CO, USA. Samples were collected
at 1 month (October 2010), 4 months (January 2011), and 29 months (June 2013) after a major, high-severity
wildfire, which ignited on 6 September 2010. At all sample times, replicate samples were taken from
both undisturbed (reference) forest soils and adjacent fire-disturbed (burned) soils. These sites were
~300 m apart and sampling areas fell within 650 m2 landscapes at similar slope-aspect (northeastern facing
mountainside slope) and elevation (~2100–2300 meters above sea level) within the extent of the Fourmile
Fire (latitude: 40.036153, longitude: −105.400537) (Figure 1). Sample areas were free of tree mortality from
bark beetles and fungi. Prior to the burn, this contiguous study area had similar soil conditions across the
landscape given consistent topographical and vegetative features (Figure 1). Metamorphic and igneous
parent material has resulted in coarse, poorly developed, sandy soils in Fourmile Canyon [31]. Soils are
stony sandy loams of the Fern Cliff-Allens Park-Rock outcrop complex as per National Cooperative
Soil Survey (NCSS) classification. Annual precipitation averages 475 mm and occurs primarily as
snow in winter/spring [31]. Both reference and burned sites were dominated by Pinus ponderosa var.
scopulorum and Pseudotsuga menziesii var. glauca; details of location vegetation and fire history as well
as the Fourmile Canyon Fire dynamics have been previously described [31,32]. Photos and maps of
the fire’s extent and response to/control of the Fourmile Canyon Fire have been made available by
the U.S. Department of Agriculture [31]. Trees in the burned site were severely burned (completely
charred) and dead. Unlike the 1- and 4-month soils that were void of vegetation, 29-month soils were
revegetated with understory herbaceous plants by seeding, dominated by sterile wheat.

Ten replicates for both burn and forested undisturbed soils were collected at each time point.
Sampling locations within each treatment were 1 m from the base of a tree (burned or alive,
respectively), and at least 3 m but no more than 25 m between individual trees used for sampling.
At each sample location three 130.5 cm3 soil cores of mineral soil at a depth of 5 cm were taken and
bulked to constitute a single replicate. We avoided/removed belowground plant material. In reference
site samples, the organic layer was removed prior to sampling; no organic layer was present in burned
soils. One-month soils included an ash layer of <0.5 cm.

Within 2 h of sampling, soils were transported to the lab and then sieved through a 2 mm mesh,
subsampled, and stored in a −70 ◦C freezer for molecular analysis or refrigerated at 4 ◦C for soil
chemistry and enzyme assays. All samples were processed according to the methods enumerated
in Ferrenberg et al. (2013), from which 1- (October 2010) and 4-month (January 2011) samples from
the burned site, and 4-month samples from an undisturbed, unburned, forested site were also used.
Soil moisture, pH, total dissolved nitrogen (TDN), extractable, non-purgeable, organic carbon (NPOC),
and ammonium (NH4

+) were evaluated.
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Figure 1. Maps of Boulder and Fourmile Canyon and surrounding region, with sample area demarcated
in inset map. Maps are from the U.S. Department of Agriculture Natural Resources Conservation Service.

A subsample of each soil was dried at 100 ◦C for 48 h to determine gravimetric soil moisture;
subsequent edaphic properties were calculated on a dry weight basis. Dried soils of all samples were
ground and 50 mg were packed into tin capsules for %C and %N analysis using a Thermo Finnigan
EA 1112 Series Flash Elemental Analyzer; (Thermo Fisher Scientific, Inc., Waltham, MA, USA) [33].

Immediately following collection, 8 g of soil were extracted for 1 h in 40 mL of 0.5 M K2SO4 and
filtered with Whatman No. 1 paper (Whatman Incorporated, Florham Park, NJ, USA). Extract filtrate
was frozen until analysis of NH4

+, TDN, and NPOC. Filtrates were analyzed for NH4
+ on a BioTek

Synergy 2 Multidetection Microplate Reader (BioTek, Winooski, VT, USA) and TDN/NPOC, were
measured on a Shimadzu TOC-V CSN Total Organic Carbon Analyzer (Shimadzu TOCvcpn, Kyoto,
Japan). TDN, NPOC, and NH4

+ analysis was completed for all 4 and 29 month soils. Soil pH was
measured on soil slurries with a ratio of 2 mg dry soil: 4 mL water, which were shaken at 250 rpm for
one hour and allowed to equilibrate for an hour before measuring.

2.2. Enzyme Analysis

Enzyme activities for β-1,4-glucosidase and β-1,4-N-acetylglucosaminidase were evaluated to
assess microbial investment in C and N acquisition, the cycling of these nutrients, and connections
with edaphic properties. BG and NAG enzymes are useful indicators of C and N cycling as they are
produced across a wide variety of fungi and bacteria and importantly have been used widely in past
research to assess microbial investment in C vs. N acquisition and the limiting nature of these nutrients
in post-fire forest ecosystems [9,18,30]. While all ten replicates were used from 29-month samples,
due to limited availability of samples, eight replicates of reference forested soils (4 months) and seven
replicates of burned soils (1 and 4 months) were included for enzyme analysis. Enzyme activity
was measured via fluorometric microplate methods [34,35]. The methods of Weintraub et al. [34,35]
were used based on a 96-well assay plate method with 1 M sodium acetate buffer titrated to a pH
of 7.0, and 4-methylumbelliferone standards. ~1 g of refrigerated soil was used from each sample [36].
Each sample (every experimental replicate) was run with 16 analytical replicates, quench corrections,
standards, and negative controls for each enzyme assay. Fluorescence was measured using a microplate
reader (Thermo Labsystems, Franklin, MA, USA) at 365 nm excitation and 460 nm emission to calculate
nmol activity h−1 g soil−1.

150



Forests 2017, 8, 347

2.3. Statistical Analysis

The pgirmess package in the R statistical environment [37] was used to evaluate changes in edaphic
properties within reference and burn soils across the various time points using Kruskal–Wallis contrasts.
Enzyme activity was also analyzed as a BG: NAG ratio and tested for statistical differences across time
within both burned and reference forest soils. Pearson product moment correlations were calculated
between environmental factors of total C, total N, pH, C:N ratio, and percent moisture and BG/NAG
activity both in burned and reference plot samples across all time points. Data were checked for
normality and if nonconforming were transformed to achieve normality before correlation analysis.

2.4. Data Availability

All metadata have been made available at figshare [38].

3. Results

3.1. Extracellular Enzyme Activities

In burned soils, BG activity was significantly higher in 29-month soils than one- and four-month
soils (Table 1), denoting a trend for increasing activity through time, becoming more comparable to
reference soil activity levels. In contrast, NAG activity showed significant declines from 4- to 29-month
soils. BG:NAG ratios exhibited a strong partitioning between the 1-/4-month and 29-month time
points (Table 1). For instance, in burned samples, 29-month soils had significantly higher BG:NAG
ratios than one- and four-month soils.

BG activity at all times was higher in reference soils than burned soils. While BG showed
significantly higher activity in 29-month soils than four-month soils, no differences in NAG activity or
BG:NAG ratios over time were observed in reference soils (Table 1).

3.2. Soil Properties

Burned soils showed patterns of change over time in ammonium (NH4
+), total dissolved nitrogen

(TDN), and percent moisture (Table 1). Significant decreases in NH4
+ and TDN were observed between

4- and 29-month burned soils. Moisture declined from 1-month to 29-month time point; soil moisture
at one month was significantly higher than at 29 months in burned soils. No significant changes were
observed in total C and N pools as measured via %N, %C, or C:N ratio across any of the time points in
burned soils.

Unburned reference soils showed declines in soil moisture over time with 4- and 29-month soils
have significantly lower soil moisture than one-month soils. pH showed significant differences month
to month (Table 1).

3.3. Soil Properties and Extracellular Enzyme Activity

In burned soils, EEA was uncorrelated to edaphic factors initially (i.e., at one month post-fire)
but began to strongly relate to nutrient pools (%C and %N) at four months (r of >0.8) and onward
(Table 2). These burned soils showed strong correlations between BG (but not NAG) and %C and
%N. In contrast, the reference plots at this time point showed correlations of both NAG and BG with
edaphic properties including C and N pools. By 29 months, both BG and NAG correlated with C
and N pools, while no correlations were observed in reference plots (Table 2). Taken together, these
analyses demonstrate that BG activity in burned soils correlated with soil nutrient pools during the
4–29-month post-fire interval, while NAG correlated with these same factors later in successional time
only (e.g., at 29 months) (Table 2). In reference soils, both BG and NAG correlated with nutrient pools
at four months and showed no correlation at 1- and 29-month time points.
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Table 2. Correlations between β-1,4-glucosidase (BG) and β-1,4-N-acetylglucosaminidase (NAG)
enzyme activity and edaphic properties. Significant (p < 0.05) correlations (Pearson’s r) shown for
burned and reference soils across all time points.

BURNED PLOTS REFERENCE PLOTS

Time Factors BG NAG BG NAG

1-month post-fire October

pH NS NS N/A N/A
moisture NS NS N/A N/A

C NS NS N/A N/A
N NS NS N/A N/A

C:N NS NS N/A N/A

4-months post-fire January

pH NS NS NS NS
moisture NS NS 0.9 0.76

C 0.83 NS 0.81 0.79
N 0.9 NS 0.78 0.72

C:N NS NS 0.77 NS

29-months post-fire June

pH NS NS NS NS
moisture NS NS NS NS

C 0.69 NS NS NS
N NS NS NS NS

C:N NS 0.69 NS NS

33-months post-fire October

pH NS NS NS NS
moisture 0.64 NS NS NS

C NS NS 0.84 0.84
N NS 0.66 0.96 0.86

C:N NS 0.74 NS NS

NS = not significant N/A = not available.

4. Discussion

Changes in edaphic properties and EEA of post-fire landscapes have been shown to occur across
successional stages at decadal timescales [13,14,30,39,40]. Strikingly, we found that microbial EEA
related to C and N acquisition varied significantly over a relatively short time span of 29 months
of succession. Our results indicate that even within three years of succession [23] enzyme activity
changes alongside rapid shifts in nutrient availability that are characteristic of post-fire succession.
While microbes in early succession may be co-limited by both C and other macronutrients such as
N [41–43], increasing BG:NAG ratios observed within the first 29 months of post-fire forest succession
may reflect increasing C availability (e.g., revegetation) and a relative increase in microbial investment
in C acquisition. Reference soils, however, showed no significant changes over time in BG:NAG ratios.
Our work is consistent with past research in post high-severity forest fire soils that shows BG:NAG
ratios of 2–3 at just over a year into succession, while lower disturbance environments displayed
BG:NAG ratio around 1–1.5 [18]. In total, the observed shift demonstrates that within three years of
succession EEA activity is responsive to the unique soil nutrient environment of burned soils and
shows distinct dynamics from reference forest soils.

We more directly examined the relationship between edaphic properties and EEA within each
stage of the burned landscape in contrast to corresponding reference soils. Within these stages of
secondary succession, we observed a shift from correlations between only BG EEA and nutrient pools
to correlations between NAG EEA and nutrient pools in the 29-month time point as well (Table 2).
Although controls on microbial production of extracellular enzymes may vary, it is well known that
the quantity and quality of available substrates can induce and structure the production/activity
of both C and N acquiring enzymes [9,10]. The observed correlations indicate that even within the
first years of secondary succession, nutrient limitation may control BG activity with eventual shifts
toward more prominent connections between nutrient pools and NAG activity. This dynamic may
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reflect a relative shift from C to N limitation (or relative changes in co-limitation) and is consistent
with general patterns in nutrient dynamics across succession in post-fire landscapes [11,12,43–45].
Specifically, research has commonly observed that post-fire landscapes are characteristically low in
C and experience a pulse of inorganic N in the form of ammonium and nitrate after severe wildfires,
while slightly later successional soils may be more constrained by N with the buildup of soil C [11,12].
Accordingly, we witnessed evidence of a pulse of NH4

+ and TDN in the four-month post-fire soils and
a strong drawdown in these N pools at the 29-month time point (Table 2), consistent with a vast body
of literature which notes a pulse of inorganic N immediately after a fire, but drawdowns in this pool
on a timescale of months to years [11,12]. While C pools do not show significant increases over time
in soils at the scale measured in this study, past work has shown that fires can strongly influence the
composition of soil organic matter without significant impact on total stock [26]. For example, fires
can alter C chemistry in forest soils, including the humification of C compounds which can influence
substrate availability for microbial decomposition [18,19,46]. Changes in C pools over successional
time with plant colonization (29-month soils) may also be in terms of composition and quality, not
just quantity [27,47,48].

While we acknowledge that seasonality can influence variation in EEA [49], the observation that
strong correlations between EEA and soil N and C pools correspond with common post-fire dynamics,
such as a drawdown in inorganic N, likely reflects successional dynamics. Additionally, the fact that
these observed patterns in EEA of successional soils are different from reference soils shows that such
patterns are specific post-burn soil dynamics in the first months after a fire, illustrating EEA responses
to geochemistry even within 4–29 months post-disturbance.

While pH and moisture have well-described successional dynamics, such as an immediate increase
in pH after fire and decreases over time, or increases in water holding capacity with the buildup of
soil organic matter over time [11,12], these factors may also vary on a seasonal basis. In the case of
this study, we interpret moisture changes, for example, as largely a seasonal shift. Over 29 months,
there is little change in soil organic matter and water holding capacity, and shifts in soil moisture occur
in a similar manner in both successional and reference soils. This pattern of change is not unique to
successional soils, but rather a seasonal dynamic true of reference forests as well. However, neither
soil moisture nor pH correlated with enzyme activity in post-burn successional soils. While future
work should seek to address how seasonality versus succession influences these ecosystems in the first
months after fire, significant increases in BG:NAG ratios over time and correlations between C and N
pools with BG/NAG EEA are different from patterns in reference soils and demonstrate dynamics that
are unique to post-burn successional soils within the first three years following a severe wildfire.

Additionally, enzymes are well suited to studying inter-seasonal dynamics as they persist in
the soil [28] and are assayed for enzyme potential (at controlled temperature, moisture, and pH)
rather than in situ enzyme activity. Enzyme potential assays, such as those completed in the lab, may
therefore reflect successional dynamics rather than seasonal ones where variable in situ temperature,
pH, and moisture can strongly affect enzymatic activity.

Altogether, our work leads to a conceptual model of patterns in the coupling of nutrients and
decomposition enzyme activity on short timescales after fires (Figure 2). Because of characteristic
changes in nutrient pools over the first years in post-fire succession, and the role of C and N availability
as a control on enzyme production, we propose that the initial limitation in C availability results in
a connection between BG activity and the resource environment. Likewise, in subsequent stages where
C pools begin to build and N is more limited in availability (though C and N may be co-limiting), NAG
activity shows connections with the resource environment (Figure 2). Here, in particular with plant
colonization and the accumulation of C, BG:NAG ratios increase, reflecting improved availability of C
substrates (Figure 2). It is important to note that these dynamics are envisioned for short timescales
within the first years of succession, as N limitation alone across longer timescales can yield declines
in BG:NAG ratio [30] and more dramatic variation in other important controls such as pH and soil
moisture may also become more influential.
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Figure 2. Soil resource and extracellular enzyme dynamics on a short timescale (<3 years) after
a forest fire.

5. Conclusions

We found evidence for a connection between rapid shifts in nutrient pools and microbial
decomposition enzyme activity in the first several years of secondary succession. We show that
within 29 months of post-fire succession relative increases in BG:NAG ratios occur. These shifts are
distinct from reference soils, and may represent rapid successional responses to changing nutrient
dynamics. Our work demonstrates that soil nutrients first correlate with BG activity (C-targeting) and
then correlate additionally with NAG activity (N-targeting) within 29 months of succession. This shift
is likely driven by changes in substrate availability and quality as post-fire landscapes first show
reductions in C pools, followed by reductions in NH4

+/TDN pools over the timeframe examined in
this study. Built on the empirical findings of this and other studies, our conceptual model suggests
when and why we may expect to observe changes in nutrient–enzyme relationships across the initial
stages of post-fire succession (Figure 2).

Despite the use of a single site in our research, such study systems and sampling schemes have
traditionally been used in the study of ecosystem succession with great success in advancing the field
empirically and theoretically [14,44,50,51]. Nonetheless, the research conducted herein represents samples
from a single fire disturbance and thus we are limited in our ability to generalize such findings. We also
note that scales of disturbance should be explicitly considered in future work and constrain the conclusions
of this study, which were based on a high-severity fire. Past work has shown that high- vs. low-severity
fires, for example, can modulate ecosystem responses in terms of soil chemistry and EEA [6,18].

We present our conceptual model as a hypothesis for further work (Figure 2). While this work
describes shifts in EEA potential and the linkage between nutrients and soil enzyme activity within the
first years of succession, future work should more closely examine the possible ecological mechanisms
that underlie these patterns, such as how specific changes in microbial communities may be driving
the observed differences in biogeochemical potential with EEA. Past work at this site in which bacterial
communities were sequenced at each time point showed no correlation between bacterial community
structure and EEA in the post-fire successional soils (data not shown); however, fungal communities
are dominant drivers of EEA as well and further research may reveal to what extent microbial data can
explain variation in soil EEA that is responsible for the cycling of C and N in these ecosystems [5].
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Abstract: Soil dissolved organic carbon (DOC) and nitrogen (DON) play significant roles in forest
carbon, nitrogen and nutrient cycling. The objective of the present study was to estimate the effect
of management practices and nitrogen (N) deposition on soil DOC and DON in Moso bamboo
(Phyllostachys edulis (Carrière) J. Houz) plantations. This experiment, conducted for over 36 months,
investigated the effects of four N addition levels (30, 60 and 90 kg N ha−1 year−1, and the N-free
control) and two management practices (conventional management (CM) and intensive management
(IM)) on DOC and DON. The results showed that DOC and DON concentrations were the highest in
summer. Both intensive management and N deposition independently decreased DOC and DON in
spring (p < 0.05) but not in winter. However, when combined with IM, N deposition increased DOC
and DON in spring and winter (p < 0.05). Our results demonstrated that N deposition significantly
increased the loss of soil DOC and DON in Moso plantations, and this reduction was strongly affected
by IM practices and varied seasonally. Therefore, management practices and seasonal variation
should be considered when using ecological models to estimate the effects of N deposition on soil
DOC and DON in plantation ecosystems.

Keywords: soil organic carbon; dissolved organic matter; nitrogen addition; Phyllostachys edulis

1. Introduction

Dissolved organic matter (DOM) is a mixture of organic molecules of different sizes and structures
that can pass through a 0.45 μm sieve and dissolve in water and acidic and alkaline solutions [1,2].
Although DOM accounts for a small proportion of the soil organic matter pool, it plays an important
role in microbial growth and metabolism, which regulate soil nutrient loss and affect the decomposition
and transformation of soil organic matter [3,4]. As the two important components of DOM, dissolved
organic carbon (DOC) and nitrogen (DON) are the two common empirical indices that reflect the
quantitative characteristics of DOM [5]. DOC affects the regulation of cation leaching, mineral
weathering, soil microbial activity, and anion adsorption and desorption, as well as other soil chemical,
physical and biological processes [6]. DOC is a very important and active factor associated with
terrestrial and aquatic ecosystems in the geochemical carbon cycle [6,7]. DON plays a dual role in N
cycling in terrestrial ecosystems: on the one hand, it can be directly absorbed by plants and therefore
shorten the terrestrial nitrogen cycle; on the other hand, however, DON has high mobility and can
cause pollution in aquatic ecosystems through surface runoff or leaching [8]. DOC and DON have been
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recognized as the key components of forest C, N and nutrient cycling [9] and are therefore receiving a
great deal of attention by researchers.

With the intensification of human activities, global atmospheric N deposition has increased
rapidly, and several global N models predict that the subtropical regions in south central China will
be among the areas most severely affected by atmospheric N deposition in the coming decades [10].
N is one of the essential elements for plant growth; thus, N deposition is thought to be beneficial
to the plant. However, a few studies have shown that only a small proportion of atmospheric N
deposited in forest ecosystems is utilized by plants, and that the major proportion of N is fixed in
the soil [11]. Previous studies have shown the effects of N deposition on soil DOC and DON in
forests. Frey et al. [12] found that more than half of the ecosystem C storage in a hardwood stand was
attributable to an accumulation of soil organic matter, indicating that the soil has been more responsive
to N addition than tree growth. Furthermore, they thought N enrichment resulted in a shift in organic
matter chemistry and microbial community, thereby impacting DOM. Findlay et al. [13] reported that
N deposition induces a great loss of soil DOC. Based on N saturation experiments, Gundersen et al. [14]
showed that N input can increase the stability of soil humus and promote bacterial growth, thereby
leading to a decrease in soil DON. Tu et al. [15] observed that N deposition significantly reduces soil
microbial biomass carbon (MBC) but increases DOC in Sinocalmus bamboo (Neosinocalamus affinis
(Rendle) Keng f.) plantations. However, the effects of N deposition on soil DOC and DON in Moso
bamboo (Phyllostachys edulis (Carrière) J. Houz) plantations remain unknown.

Because of their rapid growth rate and high annual regrowth rate after harvesting, Moso bamboo
forests are the most important source of non-wood forest products in China; they cover an area of
4.43 million ha and represent 73.7% of the country’s bamboo forest area and 84.0% of the global
distribution of Moso bamboo [16,17]. Our long-term investigation based on the Eddy covariance
method showed that the Moso bamboo plantation ecosystem has a high C uptake capacity and might
play an important role in mitigating climate warming [17]. In recent decades, intensive management
(IM) has been implemented in more than half of these bamboo plantations to increase economic
benefits. IM includes the removal of understory weeds, application of fertilizers, and soil tilling [18].
Typically, conventional management (CM) requires the regular harvest of bamboo stems and shoots,
without any of the IM practices mentioned [19]. Thus, IM can affect soil organic carbon (SOC) [20],
soil microbial biomass [21], and enzyme activities [22], which may affect the soil DOM. Moso bamboo
plantations are mainly distributed in subtropical China, which is suffering severe N deposition of
30–37 kg N ha−1 year−1 [19]. Our previous study [21] found that IM and N deposition significantly
increased soil MBC but decreased bacterial diversity, and the combination of management practices
and N deposition had greater effects on soil microbial biomass and diversity than either practice system
or N deposition independently, which may impact soil DOC and DON. However, the mechanism
of DOM response to these complicated factors and subsequent C and N cycles in Moso bamboo
plantations remains unknown.

We conducted a more than three-year-long field experiment in Moso bamboo plantations to
test the following three hypotheses: (1) IM practices decrease soil DOC and DON; (2) N deposition
decreases soil DOC and DON; and (3) the combined effects of N deposition and management practices
on soil DOC and DON are stronger than the effects of each of these factors independently.

2. Materials and Methods

2.1. Study Site

The study site was in Qingshan Town, Lin’an City (30◦14′ N, 119◦42′ E), Zhejiang Province, China.
It has a subtropical monsoon climate, with mean annual precipitation and mean annual temperature of
1420 mm and 15.6 ◦C, respectively. The area receives an average of approximately 1847 h of sunshine
and 230 frost-free days annually.
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The CM Moso bamboo forests were originally established in the late 1970s from native evergreen
broadleaf forests in sites of similar topography (southwest slope of approximately 6◦) and soil type.
The soils are named yellow-red soil and classified as Ferrisols derived from granite [19]. IM practices
were conducted in half of the CM Moso bamboo forests since 2001. In September of each year, the IM
Moso bamboo forests were fertilized and then plowed to a depth of 0.3 m. The application of the
nitrate of S-based compound fertilizer (N-P2O5-K2O: 15%-6%-20%, 450 kg ha−1) is equivalent to the
annual addition of 67.5 kg N, 11.8 kg P, and 74.7 kg K per hectare [19].

2.2. Experimental Design and N Treatment

Twelve CM plots and 12 IM plots, each with an area of 20 m × 20 m, were established. Detailed
information on the experimental design can be found in Song et al. [19]. The local background
atmospheric N deposition rate is 30–37 kg N ha−1 year−1, with an average NH4

+:NO3
− of 1.28 [23].

Therefore, NH4NO3 was used as the N source for the low-N (30 kg ha−1 year−1) treatment (N30),
medium-N (60 kg ha−1 year−1) treatment (N60), and high-N (90 kg ha−1 year−1) treatment (N90).
Three replicate plots for each treatment and the control (N-free) were randomized for each management
practice. From January 2013, appropriate quantities of NH4NO3 were dissolved in 10 L water and
sprayed evenly onto the forest floor of the corresponding plot every month. Each control plot received
10 L of N-free water every month to balance the effects of the water added.

2.3. Soil Sampling and Measurement

The experimental plots were sampled in the spring (30 April), summer (25 July), and winter
(29 December) of 2016. The monthly mean air temperatures and precipitation quantities during the
study period are shown in Table 1. Five soil cores at a depth of 0–20 cm were randomly collected
from each plot and mixed. The samples were kept in an incubator, brought to the laboratory, and
then sieved through a 2 mm mesh to remove roots, plant residues and stones. Next, we weighed
two samples of 20 g fresh soil each and named them A and B. A was for determining DOC and total
dissolved nitrogen (TDN) concentrations, and B was for determining soil moisture content. A was
extracted with distilled water (soil:water ratio, 2:1), shaken for 0.5 h (170 rpm) at 25 ◦C, centrifuged for
20 min at 3500 rpm, and then filtered through a membrane (0.45 μm, Millipore, Xingya Corporation,
Shanghai, China) into a plastic bottle [24]. DOC and TDN concentrations were determined using a
total organic carbon analyzer (TOC-VCPH, Shimadzu Corporation, Kyoto, Japan), and NH4

+-N and
NO3

−-N concentrations were determined using the SmartChem 200 Discrete Analyzer. DON was
calculated as the difference between TDN and NH4

+-N and NO3
−-N concentrations, according to

Li et al. [24]. The ppm units of DOC, TDN, NH4
+-N, and NO3

−-N were converted to mg/kg by the
following formula:

M =
P × 50 × 10
20 × (1 + S)

(1)

where M is the combined value of DOC, TDN, NH4
+-N and NO3

−-N in mg/kg; P is value of DOC,
TDN, NH4

+-N and NO3
−-N in ppm; 50 is the transformation factor from ppm to mg/kg; 10 is the

dilution factor; 20 stands for 20 g of the soil sample; and S is the soil moisture content.

Table 1. Average monthly climatic data of the study site during the experimental periods in 2016.

Months Total Monthly Precipitation (mm) Average Monthly Air Temperature (◦C)

April 352.5 11.49
July 244.8 19.34

December 67.2 3.46
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2.4. Data and Statistical Analyses

One-way analysis of variance (ANOVA) and the least significant difference (LSD) method were
used to determine the statistical significance of the differences in DOC and DON concentration
among N addition treatments under the same management and season, between the two management
practices under the same N addition treatment and season, and among three seasons under the same
management and N addition treatment.

Two-way ANOVA was performed to evaluate the combined influence of N deposition and
management practices in each season. All data were tested for homogeneity of variance and normality
of distribution prior to conducting the ANOVA. The data satisfied the assumption of homogeneity of
variance. These analyses were performed using SPSS 22.0 (SPSS Inc. Chicago, IL, USA) and SigmaPlot
12.5 for Windows.

3. Results

3.1. Soil DOC

In the CM plots, N deposition significantly reduced DOC concentration in April and July, but
not in December (Figure 1). Moreover, in July, the DOC concentration under N60 treatment was
significantly higher than that under N30 or N90. In the IM plots, the effect of N deposition on
DOC concentration was similar to that in the CM plots in July (Figure 1). However, this effect was
not significant in April and December. Nonetheless, a significant increase was observed under the
N90 treatment.

The DOC concentrations in the CM plots were significantly higher than those in the IM plots in
April and July, but not in December (Figure 1). Moreover, DOC concentration was significantly higher
in July than in April and December under both management practices (Figure 1).

Figure 1. Dissolved organic carbon (DOC) in surface soil (0–20 cm) in different seasons ((a) April;
(b) July; (c) December) under different management practices (CM: conventional management; IM:
intensive management) and four nitrogen addition treatments (N30: 30 kg N ha−1 year−1; N60:
60 kg N ha−1 year−1; N90: 90 kg N ha−1 year−1 and Control: N-free). Vertical bars indicate the
standard error of three replicates. Different uppercase letters indicate significant differences among
N addition rates under CM treatments (p < 0.05). Different lowercase letters indicate significant
differences among N addition rates under IM treatments (p < 0.05). Asterisks indicate significant
differences between CM and IM at the same N addition rate (* p < 0.05, ** p < 0.01, *** p < 0.001).

3.2. Soil DON

In the CM plots, N deposition significantly decreased DON concentrations in April, but not in
July and December, except for the N30 treatment in July (p < 0.05) (Figure 2). In the IM plots, only
the N60 and N90 treatments significantly increased DON concentrations in both April and December,
but not in July (Figure 2). The DON concentration was significantly higher in the CM plots than in the
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IM plots in April, but not in July and December (Figure 2). Similar to DOC, DON concentration was
significantly higher in July than in April and December, under both management practices (Figure 2).

Figure 2. Dissolved organic nitrogen (DON) in surface soil (0–20 cm) in different seasons ((a) April;
(b) July; (c) December) under different management practices (CM: conventional management; IM:
intensive management) and four nitrogen addition treatments (N30: 30 kg N ha−1 year−1; N60:
60 kg N ha−1 year−1; N90: 90 kg N ha−1 year−1 and Control: N-free). Vertical bars indicate the
standard error of three replicates. Different uppercase letters indicate significant differences among
N addition rates under CM treatments (p < 0.05). Different lowercase letters indicate significant
differences among N addition rates under IM treatments (p < 0.05). Asterisks indicate significant
differences between CM and IM at the same N addition rate (* p < 0.05, ** p < 0.01, *** p < 0.001).

3.3. Combined Influence of N Deposition and Management on Soil DOC and DON

The two-way ANOVA showed that N deposition and management practices, independently and
in combination, significantly affected DOC and DON in April (p < 0.001). In addition, the contribution
of the interaction was greater than the independent effects of the two factors (Table 2). In July,
N deposition and management practices, independently and in combination, significantly affected
DOC (p < 0.05), whereas DON was significantly affected by the independent factors only (p < 0.01)
(Table 2). Moreover, the contribution of separate factors was greater than of their interaction.
In December, N deposition significantly affected the DOC only, whereas the management practices
significantly affected DON only (p < 0.05), and their interaction significantly affected the DOC only
(Table 2). The contribution of interaction was greater than that of the two factors separately on
DOC only.

Table 2. Two-way ANOVA of the effects of N deposition and management practices on soil dissolved
organic carbon (DOC) and nitrogen (DON) at 0–20 cm soil depths in Moso bamboo forests.

Months
Source of

Variation/Factors

N Deposition Management Practices Interaction

F
Value

p
Value

Contribution
(%) a

F
Value

p
Value

Contribution
(%)

F
Value

p
Value

Contribution
(%)

April DOC 18.98 0.0000 22.00 38.67 0.0000 14.94 49.07 0.0000 56.88
DON 58.31 0.0000 33.81 74.61 0.0000 14.42 83.96 0.0000 48.68

July DOC 66.26 0.0000 82.92 14.37 0.0016 5.99 3.53 0.0390 4.42
DON 6.82 0.0036 28.98 32.99 0.0000 46.74 0.38 0.7700 1.61

December
DOC 6.23 0.0052 26.46 0.36 0.5553 0.51 11.87 0.0002 50.38
DON 2.30 0.1161 19.95 7.54 0.0143 21.80 1.39 0.2831 12.02

Significant contribution at p < 0.05 or p < 0.01 is shown in bold. a The contribution (%) is the percentage of overall
variance explained by each factor.
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4. Discussion

4.1. Effects of Management Practices on Soil DOC and DON

The present study showed that IM significantly decreased DOC and DON concentrations in
spring (Figures 1 and 2), which partly supported our first hypothesis: IM practices decrease soil
DOC and DON. Zhou et al. [25] showed that the total soil dissolved C at 0–20 cm soil depth in
the IM Moso bamboo plantations was lower than that in the CM plots, which is consistent with
the results of the present study. It is known that the concentrations of DOC and DON are mainly
derived from ground litter, root exudates, soil humus, soil microbial biomass, and rainfall leaching [26].
Wu et al. [27] found that excessive consumption by microbial populations would decrease the DOC
and DON in seasons with high temperature and high precipitation, which is consistent with our
result. DOC and DON are important carriers of C and N loss in forest soil [28,29]. Furthermore,
soil microbial consumption and leaching are the main output pathways of DOC and DON from
forest ecosystems [30]. Yang et al. [31] proved that the growth of plant roots and soil microorganisms
(represented by MBC) was enhanced by fertilization, increasing the amount of organic compounds
(i.e., DOM) released by plant roots and soil microorganisms. Our previous study on this site showed
that IM significantly increased soil MBC [21], indicating an increase in DOC consumption, which
might greatly contribute to lower DOC concentrations in the IM plots than in the CM plots. Changed
nutrient dynamics caused by management practices can also affect DOM concentrations between the
native forests and plantations [27]. Long-term fertilization in the IM plots induced the loss of soil
organic C and N and greatly decreased the chemical activity of the soil [20]. Soil acidification owing
to long-term fertilization in the IM plots was more severe than that in the CM plots, which led to
lower soil pH [19]. The decrease in soil pH might increase the adsorption capacity of Fe and/or Al
oxides in soil [32], thereby reducing DOC and DON in the IM plots. Vance et al. [33] also reported
a similar result. Generally, the DOM concentration is higher in forest topsoil than in cultivated
soil, and plowing, weeding and fertilization in the IM plots alter the physical structure of soil, thus
increasing the loss of DOC and DON through surface runoff and subsurface flow [34]. This, combined
with high precipitation in spring (Figure 1), might lead to more export of DOC and DON from the
IM plots and thereby decrease these concentrations more strongly in the IM than in the CM plots.
The increased leaching effect on DOC in the rainy season was also observed by Neff and Asner [35].
Therefore, the high precipitation in spring (Table 1) might have washed a large amount of DOM and
caused its loss by leaching, which might have contributed to the decline in DOC and DON between
CM and IM in April and July.

In summer, DOC and DON concentrations were higher than those in spring and winter. However,
IM largely reduced the concentration of DOC but not of DON in summer (Figures 1 and 2). Temperature
can affect soil DOM concentration and turnover by controlling microbial biomass [36]. Jiang et al. [37]
found that there was twice as much microbial biomass in summer than in spring in Moso bamboo
plantations; thus, the high temperature in July (Table 1) might have contributed to the high DOC and
DON. Furthermore, compared with spring, summer and winter had lower precipitation (Table 1),
thereby inducing a smaller leaching loss of DOC and DON. At this point, the N input from fertilization
might have contributed more to the slightly higher DON in the IM plots than that in the CM plots.

In winter, DOC and DON concentrations were low and did not show significant differences
between IM and CM (Figures 1 and 2). A possible reason is that the low temperature in winter
decreased the positive effects of temperature on DOC and DON. Moreover, the leaching loss of DON
induced by plowing in the IM plots might have declined due to low precipitation (Table 1) and might
have even been offset by N input from fertilization, which can contribute to slightly higher DON in
the IM plots than that in the CM plots.
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4.2. Effects of N Deposition on Soil DOC and DON

In the present study, N addition significantly decreased DOC and DON in the CM plots in spring
(Figures 1 and 2), which partly supports our second hypothesis: N deposition decreases soil DOC
and DON. N saturation experiments showed that exogenous N input can increase the leaching loss
of DON [14] and induce a decrease in soil DON. Previous studies have reported that long-term N
deposition reduces soil MBC [22,38]. A high degree of N deposition could affect the composition
of the microbial community and inhibit the C of microbial degradation, thereby decelerating the
decomposition of litter [39,40]. The effect mentioned above contributes to a decline in soil DOC and
DON. Notably, N deposition can intensify soil acidification and decrease soil pH [21], which can
potentially change the acidity of soil solutions [41–44]. This, in turn, may lead to the decline in DOC
and DON in the CM plots.

In summer, N deposition significantly decreased the DOC concentration but did not significantly
affect DON, except under the N30 treatment (Figures 1 and 2). In contrast to DOC, DON increased
substantially from April to July, which might be attributed to the stronger adsorption of soil to DON
than DOC at high temperatures [45]. Moreover, the high-temperature effect might be offset by the
negative effect of N deposition on DON. DOC and DON concentrations in winter were not affected by
N deposition (Figures 1 and 2). Probably, the low soil microbial activity due to low temperature and
precipitation in winter alleviated the effect of N deposition.

4.3. Combined Influence of N Deposition and Management Practices on Soil DOC and DON

When combined with IM, N deposition significantly increased DOC and DON concentrations in
spring and winter. This effect was opposite to that of the independent effect of N deposition in the CM
plots. This result indicated that intensive management practices may change the direction of the effects
of N deposition on DOC and DON (Figures 1 and 2), which did not support our third hypothesis: the
combined effects of N deposition and management practices on soil DOC and DON are stronger than
the effects of each of these factors independently. Our previous study at this site found that high N
deposition decreased the decomposition of leaf litter and fine roots in IM plots [19,23], which could
lead to more litter and fine root accumulation on the soil surface and subsurface. This accumulation
may alleviate the leaching of DOC through surface runoff and subsurface flow, which partially explains
the current finding that high N addition increased DOC in the IM plots. Nevertheless, in summer, the
combined effects of N deposition and IM on DOC and DON were similar to the independent effect
of N deposition in the CM plots (Figures 1 and 2), which indicated that the effect of interaction of N
deposition and management practices on DOC and DON can vary with season.

The two-way ANOVA demonstrated that in spring, the combined influence of N deposition and
management practices had greater effects on soil DOC and DON than the effects of each of these factors
independently, which supported our third hypothesis (Table 2). Our previous study [21] at this site
demonstrated that differences in microbial community structure were primarily due to a combination
of N deposition and management practices (57.73%), with management practices alone accounting
for 36.26% of the variation and N addition accounting for 21.47%, indicating that the combination of
two factors has a stronger impact on DOM than each factor singly, which also supported our present
result. In summer, the positive effects of high temperature partially offset the negative effects of N
deposition and IM alone on DOC and DON, thus contributing to the low combination of these two
factors (Table 2). Our previous study at this site elucidated that N deposition significantly decreased
the diversity of soil microorganisms in both CM and IM plots [21], which indicates that the soil DOC
and DON may be strongly correlated with microbial diversity in Moso bamboo plantations. Our results
suggest, however, that N deposition has a higher contribution than management practices to soil DOC
and DON (Table 2), except for DON in summer. Both DOC and DON concentrations showed the
same tendency in the control treatment or the combined effects of N deposition and management
practices: DOC and DON increased from spring to summer, then decreased in winter. It appears
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to be the combination of high precipitation and temperature that increased soil adsorption to DOC,
especially for DON [45].

5. Conclusions

The present study showed that DOC and DON concentrations were higher in summer than in
spring and winter in Moso bamboo plantations. Both IM practices and N deposition independently
decreased DOC and DON in spring, but not in winter. When combined with IM, N deposition
increased DOC and DON in spring and winter. The effects of N deposition on soil DOC and DON
strongly depended on management practices and season, suggesting that management practices and
seasonal variation should be taken into account when applying ecological models to estimate the
effects of N deposition on DOC and DON in terrestrial ecosystems, also indicating that anthropogenic
management practices such as plowing and weeding would partially offset the negative effects of N
deposition on DOM in the Moso bamboo plantation ecosystem. The results of the present study provide
a new perspective for improving our understanding of the comprehensive effects of N deposition and
management practices on C and N cycling in plantations. Our findings also offer a beneficial reference
on how to manage plantations under the current background of increasing levels of atmospheric
N deposition.

Supplementary Materials: The following are available online at www.mdpi.com/1999-4907/8/11/452/s1,
Figure S1: Ammonium nitrogen (NH4

+-N), Nitrate nitrogen (NO3
−-N) and Total dissolved nitrogen (TDN)

in surface soil (0–20 cm) in different seasons ((a), (d), (g): April; (b), (e), (h): July; (c), (f), (i): December) under
different management practices (CM: conventional management; IM: intensive management) and four nitrogen
addition treatments (N30: 30 kg N ha−1 year−1; N60: 60 kg N ha−1 year−1; N90: 90 kg N ha−1 year−1 and Control:
N-free). Vertical bars indicate the standard error of three replicates. Different uppercase letters indicate significant
differences among N addition rates under CM treatments (p < 0.05). Different lowercase letters indicate significant
differences among N addition rates under IM treatments (p < 0.05). Asterisks indicate significant differences
between CM and IM at the same N addition rate (* p < 0.05, ** p < 0.01, *** p < 0.001), Table S1: The initial stand
and soil characteristics of the study sites in the Moso bamboo forest (mean ± SD, n = 4).
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