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Abstract: Transitional Waters are worldwide high valuable ecosystems that have undergone significant
anthropogenic impacts. The ecological assessment is therefore of fundamental importance to protect,
manage and restore these ecosystems. Numerous approaches can be used to understand the effects of
human pressures, and, in case, the effectiveness of recovery plans. Eutrophication, climate change
and morphological loss impacts can be assessed by means of aquatic vegetation, benthic fauna,
and nekton. Moreover, before planning new infrastructures or interventions, predictive approaches
and statistical analyses can provide indispensable tools for management policies.

Keywords: CO2 flux; salinity; desalinization; trophic status; eutrophication; aquatic angiosperms;
benthic fauna; nekton; uncertainty analysis

1. Introduction

The ecosystems that can be found between the land and the sea are characterized worldwide by
a wide range of different natural conditions [1]. Therefore, several definitions are used to describe
the habitats along coasts [2]. The United Nations glossary of environment statistics defines coastal
lagoons as “Sea-water bodies situated at the coast, but separated from the sea by land spits or similar
land features. Coastal lagoons are open to the sea in restricted spaces” [3]. The European Water
Framework Directive legally defines Transitional waters (TWs) the “bodies of surface water in the
vicinity of river mouths which are partly saline in character as a result of their proximity to coastal
waters but which are substantially influenced by freshwater flows” [4]. The term “transitional waters”
is now consolidated as a scientific term [2]. In the transition between the land and the sea, and hence,
from freshwater to marine environment, a number of ecosystems can be found: rias, fjords, fjards,
estuaries, lagoons [5,6]. TWs are often characterized by shallow waters [1] that are rapidly influenced
by external changes, and, so, they are considered to be naturally stressed [7]. Moreover, the species’
taxonomic richness tends to be limited compared to the adjacent sea or freshwater environments [5,8].
However, the morphological structure and the isolation from the sea provide a sheltered habitat for
numerous species of flora and fauna, and a high productivity, making TWs valuable ecosystems [9].
Beyond the natural variability, TWs have been long exploited by human activities to settle cities and
harbors, for land-reclamation, aquaculture and more recently, tourism, making them more and more
vulnerable [1,9] and deteriorated. Among the 27 European Member states, only six have Coastal lagoon
habitats with Favorable conservation status [10]; in China major urban and economic developments
are causing loss of coastal wetlands and serious environmental problems [11]; in North America,
where there is one of the most extensive surfaces of coastal lagoons (17.6% of coastline), eutrophication
represents one of the greatest long-term threats to the ecological integrity [1].

The degradation of such ecosystems of exceptional ecological, recreational, and commercial
value [1] has brought up the need to adopt restoration and/or protection measures, that, to be
adequately planned, require an accurate ecological status assessment. Since the second half of
the 20th century, when Chlorophyll a was first proposed as an index of productivity and trophic
conditions in transitional and coastal waters [12,13], uncountable methods, based on both biotic and
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abiotic parameters, have been validated to provide a reliable assessment of environmental conditions.
In the framework of National and International regulations aiming at preventing further degradation,
the number of indices is continuously increasing. The necessity to have reliable tools, assessing TW
status, responds not only to the implementation of management policies but also to improve the
knowledge on biological, ecological, and anthropogenic interactions in these very complex ecosystems.
Therefore, a constant update of the research on the effects that human pressures have on TWs is of
fundamental importance.

The present Special Issue collects eight original research papers and one review, that describe
completely different methods of assessing the ecological status of TWs. The number of approaches is
different, certainly in proportion to the ecosystem complexity.

2. Overview of this Special Issue

Zhang et al. [14] describe the role of biological processes in carbon dioxide fluxes. A balance mass
model has been used to calculate the net ecosystem production (NEP) and the CO2 flux caused by
biological processes and its contribution to the air–sea CO2 exchange flux. Results show that seawater
in the near-shore region of the Changjiang estuary (China) is a source of atmospheric CO2, and the
front and offshore regions generally serve as atmospheric CO2 sinks. This procedure can provide
interesting information on the assessment of trophic status and of the potential carbon stock of coastal
waters, above all in the framework of ongoing climate change.

Considering again primary producers, Sfriso et al. [15] describe the role of aquatic angiosperms in
TWs, where they are demonstrated to favor the maintenance of good ecological conditions. Seagrass
transplantations are an important tool for restoring TWs, and they can be successful in areas where the
effects of eutrophication are under control. After a year from the first transplantations, some indices
used to assess the ecological status highlight an improvement of water quality due to the increase in
seagrass beds.

Benthic fauna has been long used to assess environmental conditions [16], and in the present issue,
three papers present data on the relationship between the zoobenthos of TW bottoms and different
anthropogenic pressures.

Among zoobenthic organisms, meiofauna has been poorly studied due to the small size and
the necessity of time and appropriate analysis techniques. However, it has a well-recognized role
in the food webs connecting microbial components to higher trophic levels that contributes to the
overall carbon fluxes and organic matter mineralization. Moreover, Semprucci et al. [17] support
the hypothesis that meiofaunal organisms are good indicators of the spatial heterogeneity in TWs.
Meiofauna displays, in fact, significant spatial variations in relation to environmental conditions,
mainly salinity, dissolved oxygen and trophic components, and no changes on the temporal scale.

Benthic epifauna community composition, together with in-laboratory bioassay on brittle stars,
were studied by Petersen et al. [18] to verify the impact of desalination brine discharges. In fact,
seawater desalination by reverse osmosis is increasing due to the shortage of freshwater supply.
Human population growth, agricultural expansion and environmental changes are causing the decline
of natural freshwater, and, hence, Desalination Plants are becoming the main response. However,
continuous discharge of high-salinity brine into coastal environments may have a severe impact on
the ecosystem. Significant salinity anomalies can be detected even some hundred meters from the
shore, but a careful assessment of site characteristics, when the desalination plants are constructed,
can avoid changes in biological communities. Therefore, to ensure adequate mixing of the discharge
brine, desalination plants should be located at high-energy sites with sandy substrates, and discharges
should occur through diffusor systems.

Macrozoobenthic fauna was also studied to assess the ecological conditions of TWs on long
term scale by Magni et al. [19]. The proposed studied case was a Chinese TW, severely damaged by
domestic and industrial pollution and land reclamation already in the 1970s. In late 1980s, restoration
interventions started to recover a healthy status and the related ecosystem services. Decade by decade,
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the continuous improvement of the environmental conditions was reflected in the major recovery
and revitalization of the soft-bottom benthic assemblage. Beyond highlighting the importance and
success of a good restoration plan, the data further confirm the effectiveness of macrozoobenthic
fauna as biological tool to follow the recovery progress and the future evolution of TWs. However,
the monitoring activities revealed another important threat for TWs, that is the role of invasive species.

The effectiveness of restoration was assessed also by Scapin et al. [20] who investigated the
distribution of nekton communities along a salinity gradient. The long-lasting exploitation of TWs
often has determined morphological alterations and hydrodynamism changes. The general pattern of
TWs in recent and future decades is toward the homogenization of the physical characteristics with a
tendency to marinization [21]. Therefore, the creation of new freshwater inputs is expected to restore
the lost transitional attributes mitigating the negative effects of climate change and rising the nekton
biomass thanks to the increase in oligo-mesohaline species. The use of a predictive approach with a
functional perspective was demonstrated to provide tools to forecast the effects of salinity alteration
regimes for both ecologists and ecosystem management [20].

Likewise, Castillo [22] studied the role of seasonal freshwater outflow on abundance of delta
smelt and on the entire aquatic community. Qualitative community models were used to describe
the effects of salinity variations on community interactions and stability patterns. It turned out that
the overlap among pelagic and benthic species and trophic levels was significantly related to their
salinity-dependent and geography-dependent distributions. In particular, the relative position of the
near-bottom 2 salinity-isohaline along the estuary had different effects on the delta smelt subadults.
Therefore, the management of hydrological conditions could be of help to mitigate the declining trends
of delta smelt and of other native fish populations.

Focusing on the morphological structures that characterized TWs (i.e., salt marshes, small
channels, isolated pools, etc.), Facca et al. [23], by literature review, describe how the presence and
abundance of lagoon fish species may provide important indications on TW conservation status. In fact,
the occurrence, distribution and biology of resident fish fauna tightly depend on salt marsh complexity,
habitat connectivity within the lagoon or among adjacent lagoon systems. This complex system of
small creeks and pools has a relevant role, not only for lagoon residents, but also for migrant species,
that usually use TWs as a nursery. The review also highlighted the risk connected to the potential
impact of alien species.

Being aware that an ecosystem assessment requires the continuous collection of data, as also
demonstrated in all the above described studies, Cacciatore et al. [24] propose a tool to optimize
the sampling effort in TWs monitoring activities, by applying a multi-approach. The combination
of inferential statistics, spatial analyses and expert judgment allows us to optimize the monitoring
effort ensuring, at the same time, a high reliability of the achieved information. This approach can be
particularly useful for the routine monitoring activities aiming at classifying the water bodies status.

3. Conclusions

The effects of eutrophication have become particularly evident in the TWs worldwide from the
1970s [15,19]. The progressive deterioration of TWs and the concurrent loss of ecosystem services
induced National and International authorities to act, protecting and restoring these habitats (US
Clean Water Act, European Water Framework Directive, and the National Water Act in South Africa).
At present, the positive results of the interventions counteracting the eutrophication phenomenon
can be observed and confirmed by the good responses of aquatic vegetation, benthic fauna and
nekton [15,17,19,20]. However, other significant threats to TWs are recently requiring attention, such
as (i) the impact of climate changes determining alterations of hydrodynamism and of freshwater
supply [14,18,22], (ii) the constant loss of morphological structures [23], (iii) the impact of alien
and invasive species [19,23]. Climate changes are altering salinity regimes causing unbalances in
the biological communities [20,21] and, hence, requiring interventions to manage the freshwater
inputs [20,22]. In the framework of climate changes, the understanding of air–sea CO2 exchange flux is
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of particular importance [14], because TWs can either be a source or a sink of atmospheric CO2. The loss
of habitat morphological features is related to both sea level rise and anthropogenic exploitation and
requires urgent actions to save the vocational habitat of numerous aquatic species [23].

TWs require concrete management policies to prevent further deterioration and to plan the
needed recovery interventions. Aiming at supporting this decisional process, the usefulness of
biological communities to assess ecological conditions under anthropogenic impacts are widely
described [17–19,23,24].
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Abstract: Since the 1960s, the Venice Lagoon has suffered a sharp aquatic plant constriction due to
eutrophication, pollution, and clam fishing. Those anthropogenic impacts began to decline during
the 2010s, and since then the ecological status of the lagoon has improved, but in many choked
areas no plant recolonization has been recorded due to the lack of seeds. The project funded by the
European Union (LIFE12 NAT/IT/000331-SeResto) allowed to recolonize one of these areas, which is
situated in the northern lagoon, by widespread transplantation of small sods and individual rhizomes.
In-field activities were supported by fishermen, hunters, and sport associations; the interested surface
measured approximately 36.6 km2. In the 35 stations of the chosen area, 24,261 rhizomes were
transplanted during the first year, accounting for 693 rhizomes per station. About 37% of them
took root in 31 stations forming several patches that joined together to form extensive meadows.
Plant rooting was successful where the waters were clear and the trophic status low. But, near the
outflows of freshwater rich in nutrients and suspended particulate matter, the action failed. Results
demonstrate the effectiveness of small, widespread interventions and the importance of engaging
the population in the recovery of the environment, which makes the action economically cheap and
replicable in other similar environments.

Keywords: aquatic angiosperms; transitional waters; environmental restoration; ecological status;
Venice Lagoon

1. Introduction

Seagrasses, and more generally the aquatic angiosperms [1], play a key role both in marine
and transitional water ecosystems (TWS). These structuring plants are considered environmental
engineers to which multiple functions are associated [2]. From the morphological point of view,
they reduce the impact of winds and tides on sediment resuspension, favor the sedimentation of the
suspended particulate, and contrast the erosion of the seabed and the morphological structures of
shallow bottoms [2]. Aquatic angiosperms characterize the bottoms of habitat 1150* (coastal lagoons)

Water 2019, 11, 2135; doi:10.3390/w11102135 www.mdpi.com/journal/water7
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and 1140 (muddy or sandy bottoms emerging during low tide) sensu Habitat Directive 92/43/EEC,
contribute to CO2 sequestration [3], and form the natural habitat for the biological communities [4]
providing shelter and food for fish and macrofaunal organisms [5,6]. However, coastal areas and TWS
are often very degraded and aquatic angiosperms have disappeared or are in rapid regression; that is
mainly due to anthropogenic impacts such as eutrophication or pollution [7]. This was the case of the
Venice Lagoon [8,9] and the lagoons of the Po Delta [10,11]. In both the TWS, aquatic angiosperms
suffered from two main impacts: the overgrowth of nuisance macroalgae due to the eutrophication
increase during the 1960s–1980s and the harvesting of the Manila clam Ruditapes philippinarum (Adams
and Reeve) with hydraulic or mechanical rakes. Those activities destroyed the bottoms, uprooted the
plants, and resuspended considerable quantities of sediments reducing water transparency and the
growth of the plants which had survived [12].

Currently, the trophic conditions of the lagoons and ponds of the Po Delta are still bad/poor,
because these environments are strongly affected by the waters of the Po River that drains the Po
Valley [10,11]. Furthermore, due to the high trophic conditions, bivalves are abundant, clam fishing
activities occur on a large scale, and water remains turbid. The aquatic angiosperms recorded in
the past have disappeared and have been replaced by tionitrophilic macroalgae. The dominant taxa
are Ulvaceae and the non-native Rhodophyceae, Agarophyton vermiculophyllum (Ohmi) Gurgel, J.N.
Norris et Fredericq and Solieria filiformis (Kützing) P.W. Gabrielson.

In the Venice Lagoon, the effects of anthropogenic impacts have decreased since 2011 and the
ecological status has started to improve [13]. Macroalgal biomass decreased significantly before
the period of intense clam fishing [9] and in the last decade the dominant algal species have also
changed. Ulvaceae have been largely replaced by several taxa of good-high ecological value, especially
Rhodophyceae, and aquatic angiosperms are recolonizing the lagoon bottoms [7,13].

However, in all the basins of the Po Delta and in many choked areas of the Venice Lagoon plant
recolonization was hampered by the lack of seeds. To favor the recolonization in the Venice Lagoon,
the European Union funded the restoration project (LIFE12NAT/IT/000331—SeResto; www.lifeseresto.eu).
The objective was the recolonization of the northern basin by small diffuse triggers of aquatic angiosperms
which are typical of that environment: Cymodocea nodosa (Ucria) Ascherson, Zostera marina Linnaeus,
Zostera noltei Hornemann, and Ruppia cirrhosa (Petagna) Grande.

In order to provide useful information for the project replication in similar TWS, this paper
reports the results of the transplanting activities after the first year of plant rooting, the most common
environmental parameters and nutrient concentrations in the various environmental matrices (water
column, surface sediments, and suspended particulate matter (SPM)), the transplantation methods,
and the most suitable environmental conditions to ensure the success of species rooting and spread.

2. Materials and Methods

2.1. Study Area

The transplants of aquatic angiosperms took place in an area measuring approximately 36.6 km2

(Figure 1) situated in the northern basin of the Venice Lagoon (sexagesimal coordinates: 45◦30′–34′ N,
12◦27′–33′ E).
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Figure 1. Map of the sampling area with the 35 transplanting stations. In red and white, the 17 stations
transplanted in spring 2014. The stations in red were monitored monthly for one year for environmental
parameters. In yellow, the 18 stations transplanted in spring 2015.

Thirty-five stations characterized by shallow waters were identified in the study area, along the
edges of the salt marshes and lagoon canals. The transplanting area is naturally divided by a deep
canal (San Felice) which flows in a south-northern direction. On the east side of the lagoon, bottoms are
shallower, there is no source of freshwater, and the trophic status is low. On the contrary, the trophic
status of the west side is quite high due to the waters of some branches of the Silone river (flow 5 m3 s−1)
and the Sile river overflows in rainy periods (flow rates: from a few m3 s−1 to 70 m3 s−1), which have an
average frequency of 8–9 events per year [14]). The waters, rich in nutrients and suspended particulate,
favor the growth of tionitrophilic algae and trigger phytoplankton blooms that hamper plant rooting.

2.2. Angiosperm Transplants

In spring 2014, transplanting occurred in 17 stations of 100 m2 (10 × 10 m) and in spring 2015,
in additional 18 stations (Figure 1). In the initial phase, the transplants took place using sods that
were approximately 30 cm in diameter which were collected with a manual corer and arranged in
groups of three for a total of nine sods per station, following the scheme in Figure 2. In order to avoid
damaging the bottom, all operations were carried out by remaining on board of flat local boats or
by divers. The depth of the intervention area was generally less than one meter on the average tide
level and the boats were used during high tide to reach even the shallowest areas that emerge at low
tide. Angiosperm sods and rhizomes were supplied by managers of closed fishing ponds (Dogà valley
and Ca’ da Riva valley) where ecological conditions are high and aquatic angiosperms are abundant.
Hundreds of full-grown rhizomes were transplanted individually at each station using pliers with a
handle of approximately 1 m length.
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Figure 2. Scheme of sod transplants.

2.3. Angiosperm Monitoring

Sod rooting was verified on a monthly basis during the first months of spring 2014 and 2015
in order to replace those that had not taken root. The check was repeated, in summer and autumn.
In addition, 100 rhizomes of Zostera marina that had been planted at each station were carefully
monitored during the year to check the success rate of the single rhizome transplant.

Patch measurements reported in this paper refer to monitoring carried out one year after
transplants. The growth of sods and rhizomes was mainly circular, therefore during each survey the
average growth of patches was recorded by measuring their diameters and took into account only
diameters >20 cm.

2.4. Physico-Chemical Parameter Determination

Before angiosperm transplants, the environmental conditions (physico-chemical parameters and
nutrient concentrations) of the water column and surface sediments were monitored once in all the 35
stations. Out of them, eight stations (1, 5, 8, 10, 12, 15, 16, and 17), representative of the environmental
conditions of the whole area, were chosen for the monthly detection of the environmental parameters
of water, surface sediments, and the settled particulate material (SPM) collected by sedimentation traps
placed on the bottom. The ecological status of the eight stations was also determined by sampling all
the macrophytes (twice a year), fish fauna (twice a year), and the benthic macrofauna (once a year)
according to the procedures used for the application of the macrophyte quality index (MaQI) [15],
habitat fish biotic index (HFBI) [16], and multivariate-AZTI marine biotic index (M-AMBI) [17].

2.5. Statistical Analyses

The average values of (a) thirty eight physico-chemical parameters in the water column, surface
sediments, and SPM collected monthly for one year in eight stations (1, 5, 8, 10, 12, 15, 16, and 17),
(b) seven aquatic angiosperm variables: number, diameter, and growth of surviving sods and rhizomes,
and (c) the results of the application of three indices of ecological status determined at the end of
the sampling year were analyzed. The Shapiro–Wilk test differentiated non-normal data, and then
Spearman’s one-way ANOVA coefficients were calculated and summarized in Table 1. Significant
values (p < 0.05) are marked in red.
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Table 1. Spearman’s non-parametric coefficients between sod/rhizome variables and physico-chemical
parameters and nutrient concentrations in the water column and surface sediments. Significant values
(p < 0.05) are in red. Legend:, Temp = water temperature, Transp = water transparency, Salin = salinity,
%DO = percentage of dissolved oxygen, Eh = redox potential, w =water, s = sediment, Light-S = light at
a depth of−5 cm, Light-B = light at bottom, FPM = filtered particulate matter, Si = silicates, RP = reactive
phosphorus, NH4

+ = ammonium, NO2
− = nitrites, NO3

− = nitrates, DIN= dissolved inorganic nitrogen,
M-biom =macroalgal biomass, M-cover =macroalgal cover, Chl-a tot = total Chlorophyll-a, TP = total
phosphorus, IP = inorganic phosphorus, OP = organic phosphorus, TN = total nitrogen, TC = total
carbon, OC = organic carbon, SPM = settled particulate matter, part = particulate.

Spearman’s Non Parametric Coefficients

Temp Depth Transp Salin %DO pHw Ehw pHs Ehs Light-S Light-B FPM
Survived sods 0.03 −0.21 −0.09 0.63 −0.33 0.43 0.18 0.30 0.39 −0.34 0.48 −0.31
Sod diameter −0.29 −0.27 −0.17 0.73 −0.54 0.44 0.00 0.41 0.46 −0.56 0.54 −0.29
Sod growth −0.29 −0.27 −0.17 0.73 −0.54 0.44 0.00 0.41 0.46 −0.56 0.54 −0.29

Survived
rhizomes 0.07 −0.39 −0.29 0.66 −0.32 0.42 0.44 0.51 0.59 0.00 0.71 −0.27

Rhizome
diameter −0.14 −0.06 0.11 0.75 −0.71 0.69 0.02 0.34 0.20 −0.62 0.24 −0.67

Rhizome
growth −0.07 −0.12 0.05 0.67 −0.57 0.69 0.19 0.36 0.21 −0.50 0.40 −0.60

Patch surface 0.00 −0.32 −0.22 0.63 −0.34 0.39 0.29 0.37 0.51 −0.22 0.63 −0.20
MaQI 0.34 0.40 0.56 0.27 −0.38 0.87 0.39 0.46 −0.38 −0.08 −0.04 −0.95

M-AMBI 0.02 0.14 0.17 −0.71 0.26 0.10 0.24 −0.31 −0.67 0.21 −0.19 0.07
HFBI 0.33 0.10 0.19 0.26 0.00 0.19 0.02 0.00 0.00 −0.05 −0.17 −0.43

Si RP NH4
+ NO2

− NO3
− DIN M-biom M-cover Chl-a tot

Survived sods −0.65 −0.65 −0.74 −0.30 −0.50 −0.56 −0.33 −0.72 −0.33
Sod diameter −0.61 −0.61 −0.61 −0.17 −0.27 −0.34 −0.27 −0.66 −0.41
Sod growth −0.61 −0.61 −0.61 −0.17 −0.27 −0.34 −0.27 −0.66 −0.41

Survived
rhizomes −0.68 0.71 0.56 −0.41 −0.56 −0.56 −0.39 -0.68 −0.51

Rhizome
diameter −0.57 −0.60 −0.83 −0.42 −0.61 −0.68 −0.24 −0.66 −0.54

Rhizome
growth −0.71 −0.74 −0.79 −0.45 −0.60 −0.64 −0.41 −0.81 −0.40

Patch surface −0.66 −0.66 −0.56 −0.22 −0.41 −0.44 −0.47 −0.71 −0.37
MaQI −0.69 −0.69 −0.70 −0.95 −0.88 −0.84 −0.37 −0.61 −0.36

M-AMBI 0.12 0.05 0.48 −0.10 0.21 0.31 −0.18 −0.02 0.62
HFBI −0.17 −0.19 −0.76 −0.48 −0.67 −0.76 0.26 −0.19 −0.24

Fines Density Moisture Porosity TP sed IP sed OP sed TN sed TC sed OC sed
Survived sods −0.20 0.39 −0.39 −0.39 −0.73 −0.37 −0.86 −0.65 0.78 −0.05
Sod diameter −0.15 0.49 −0.46 −0.37 −0.81 −0.49 −0.90 −0.65 0.75 −0.10
Sod growth −0.15 0.49 −0.46 −0.37 −0.81 −0.49 −0.90 −0.65 0.75 −0.10

Survived
rhizomes −0.07 0.44 −0.51 −0.49 −0.56 −0.20 −0.83 −0.63 0.68 −0.20

Rhizome
diameter −0.18 0.74 −0.66 −0.57 −0.92 −0.61 −0.84 −0.61 0.66 −0.22

Rhizome
growth −0.26 0.57 −0.50 −0.43 −0.93 −0.64 −0.83 −0.54 0.66 −0.02

Patch surface −0.24 0.39 −0.41 −0.32 −0.66 −0.29 −0.85 −0.65 0.75 −0.10
MaQI −0.35 0.48 −0.40 −0.47 −0.64 −0.63 −0.25 −0.01 −0.07 0.12

M-AMBI −0.07 −0.52 0.64 0.64 0.17 −0.31 0.74 0.93 −0.71 0.68
HFBI 0.21 0.26 −0.29 −0.60 −0.24 0.00 −0.33 −0.37 0.37 −0.20

SPM TP part IP part OP part N part TC part OC part
Survived sods −0.01 −0.51 −0.31 −0.74 −0.26 0.03 −0.16
Sod diameter 0.00 −0.56 −0.27 −0.81 −0.15 0.17 −0.17
Sod growth 0.00 −0.56 −0.27 −0.81 −0.15 0.17 −0.17

Survived
rhizomes 0.05 −0.68 −0.37 −0.78 −0.32 −0.15 −0.34

Rhizome
diameter −0.30 −0.68 −0.63 −0.75 −0.30 0.30 −0.29

Rhizome
growth −0.31 −0.57 −0.57 −0.71 −0.24 0.29 −0.14

Patch surface 0.10 −0.61 −0.32 −0.76 −0.05 0.12 −0.12
MaQI −0.64 −0.32 −0.91 −0.22 −0.56 0.21 −0.16

M-AMBI −0.67 0.74 0.07 0.79 0.29 0.29 0.55
HFBI −0.19 −0.17 −0.21 −0.31 −0.86 −0.55 −0.45

The principal component analysis (PCA) was applied to the same log-transformed data after
removing redundancies to visualize the variances and associations between parameters, aquatic
angiosperm variables, and index values of the eight stations. Results are reported in a bi-plot. Data
were processed by Statistica software, release 10 (StatSoft Inc. Tulsa, OK, USA).
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3. Results

Figure 3a shows per station, the average diameter of the patches formed by sods and rhizomes
12 months after transplants. The growth was very variable due to the different environmental conditions
of the stations. The maximum average diameter of the patches was 143 cm at station 14. Patches over
100 cm in diameter were also found in six other stations (9, 11, 12, 15, 18, 33). In three stations, the sods
disappeared completely despite frequent new transplants. In the other stations, the diameter increase
was intermediate.

 
Figure 3. (a) Average diameters of the patches. Vertical bars represent the diameter of the transplanted
sods; (b) Total surface of patches, formed by the growth of sods and rhizomes at the 35 sampling sites
after 12 months. Only patches with a diameter >20 cm were considered.

The total surface of the patches is shown in Figure 3b. In most stations, there was no correspondence
between the diameter and the surface of the patches. The patch surface, in fact, after one year did not
distinguish between the sods and rhizomes that grew mixed. In some cases, the total patch surface
was the result of a large quantity of patches, in other cases its size depended only on the number of
those that had survived. Therefore, results were very different. The maximum growth occurred at
station 18 with a colonization of 52% (52 m2 out of 100 m2) and a patch diameter that was among the
biggest (133 cm). In contrast, at station 14, just less than 1 km away, the coverage was only 16.4%, even
though the diameter of the patches was bigger (143 cm). No angiosperm rooting was observed at
stations 1, 5, 6, and 16. Stations 1, 5, and 6 were affected by river outflows, whereas station 16 showed a
higher trophic level than the other stations, which was probably due to the proximity of the Cavallino
urban center.

The main metrics of sods and rhizomes one year after transplants are shown in Figure 4.
The number of survived sods was, on average, 72 ± 38% with high differences between the stations.
All the transplanted sods took root in 20 stations out of 35. No angiosperm rooting was found in
four stations (1, 5, 6, and 16), whereas in the other stations, their rooting varied widely. On average,
rhizome rooting was lower (37 ± 25%) than that of sods, but the number of single rhizome transplants
per station was much higher (637) than the number of sods, and so was their potential for developing
new rooting.
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Figure 4. Percentage, patch diameter, and daily growth of survived sods and rhizomes.

The average diameter of the patches formed by the surviving sods was 68 ± 44 cm, whereas
rhizomes exhibited, on average, a diameter of 40 ± 23 cm, a value very similar to that of sods if we
take into account that the diameter of transplanted sods was 30 cm. Moreover, some rhizomes took
root also at stations 6 and 16, whereas at station 23 some survived rhizomes formed patches with a
diameter shorter than 20 cm. The stations 14 and 18 produced the largest patches.

By comparing growth, rhizomes showed values higher than sods: 0.19 ± 0.13 cm day-1 vs.
0.14 ± 0.12 cm day−1. It is interesting to observe that the rhizomes transplanted at station 14 showed
the highest growth with 0.68 cm day−1 and formed patches of approximately 1 m in diameter.

The analysis of nutrient concentrations in the samples of surface sediment collected in all 35 stations
during the spring transplants shows that the area is divided into two parts: the one situated northwest
of the San Felice canal is characterized by high nutrient concentrations due to river outflows; the other
which is on the southeastern side of the canal is characterized by a higher seawater renewal and no
river outflow (Figure 5).

 

Figure 5. Concentration of organic phosphorus, total nitrogen, and organic carbon in surface sediments
of the transplant area. Black dots represent transplant stations.
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Stations 5 and 6 were the most affected by high nutrient concentrations that favored the growth of
tionitrophilic macroalgae and phytoplankton blooms which prevent the rooting of aquatic angiosperms.
In the northwestern area of the San Felice canal, the concentration of organic phosphorus (OP),
total nitrogen (TN), and organic carbon (OC) were one order of magnitude higher than in the
southeastern area.

Similarly, the analysis of the mean concentrations of nutrients in the water column of the eight
stations selected for monthly monitoring shows that reactive phosphorus (RP), dissolved inorganic
nitrogen (DIN), and silicates (Si) were significantly higher at stations 5 and 1 than in the others
(Figure 6).

Figure 6. Concentration of reactive phosphorus, dissolved inorganic nitrogen, and silicates in the eight
stations monitored monthly during one year.

On average, RP showed a concentration of 0.17 ± 0.6 μM with the highest value at station 5
(0.32 μM) near the mouth of the Siloncello river. The same results were found for DIN that averagely
was 14.3 ± 8.8 μM, but at station 5, it was approximately twice as high (27.8 μM). Silicates were slightly
higher at station 1 (17.0 μM) and the mean value was 10.9 ± 3.8 μM.

Salinity confirms the influence of the Siloncello freshwaters. Stations 5 and 1 exhibited values of
approximately 21.0 and 22.4 psu, respectively, against 26.8 to 29.2 recorded in the others (Figure 7).
Total chlorophyll-a (Chl-a) also showed the highest value (approximately 1.3 μg L−1), although, on
average, it was very low (0.94 ± 0.29 μg L−1). The particulate collected by sedimentation traps (SPM)
highlighted the environmental differences between the stations more clearly than Chl-a, because the
sedimentation rates were collected and recorded constantly during the whole sampling year. Also, this
parameter showed the highest value at station 5 (635 g dw m−2 d−1) accounting for approximately 232
kg dw m−2 y−1. On the contrary, extremely low values were found at stations 8 and 17, where aquatic
angiosperms had widely taken root.

Figure 7. Values of salinity, total chlorophyll-a (Chl-a tot), and settled particulate matter (SPM) collected
by sedimentation traps).

Two other important parameters that marked the differences between the stations were the
percentage of sediment fraction <63 μm (fines) and the amount of dry sediment per volume unit (dry
density) of surface sediments. Grain-size was >70% in all the stations (Figure 8), but with a different
degree of compactness. Dry density values were overall very low (0.43 ± 0.14 g dw cm−3), but the
lowest were recorded at station 5 (0.16 g dw cm−3) and station 1 (0.32 g dw cm−3), where aquatic
angiosperms had not taken root.
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Figure 8. Percentage of fines (fraction < 63 μm) and dry density of surface sediments.

The non-parametric Spearman’s coefficients calculated using 38 physico-chemical parameters,
seven macrophyte variables, and three indices of ecological status in the eight stations showed that
freshwaters coming from the river Siloncello affected the salinity of the water column seriously,
deteriorating the ecological conditions and hindering the angiosperm rooting (Table 1). In fact, sod
diameter (cm), sod surface (m2), and sod growth (cm day−1) were positively correlated to salinity,
whereas rhizome survival (% yr−1) was positively correlated to light availability at the bottom (Light-B),
and inversely to SPM and the concentration of organic phosphorus (OP) in surface sediments.

Moreover, rhizome growth was counteracted by the concentrations of Si, RP, and ammonium
(NH4

+) in the water column by TP and OP in surface sediments and SPM. Macroalgal cover (M-cover)
was also inversely and significantly correlated to angiosperm growth. The accumulation of tionitrophilic
macroalgae, especially Ulvaceae and Gracilariaceae, on sod and rhizome transplants prevented their
growth. These macroalgae have a much higher growth rate [18] than angiosperms [19]. The same
inverse correlations were also found between sod growth and TP, OP in surface sediments, and OP in
SPM. The indices of ecological status: MaQI, M-AMBI, and HFBI showed that the correlations with the
physico-chemical parameters in the water column had a similar trend, whereas in surface sediments
the correlations were not always clear, especially when M-AMBI was applied.

The principal component analysis (PCA) applied to the whole set of parameters and variables,
after the exclusion of redundancies, confirmed the above relationships (Figure 9). About 66% of the
total variance was explained by the first two components that clearly separate the variables of the
aquatic angiosperms and most of the environmental parameters into two major groups. In the two
minor groups, the variables of the first two components were intermediate. In group 1, both sod and
rhizome rooting were associated with salinity, sediment density, sediment total carbon, sediment and
water pH, and light availability at the bottom. The ecological quality ratio (EQR) of the indices of
ecological status of the biological elements, macrophytes (MaQI) and fish fauna (HFBI), were also
associated to aquatic angiosperm variables and the same environmental parameters.

In group 2, most of the nutrient concentrations in the water column, surface sediments, and SPM
were plotted together with sediment moisture and porosity, water temperature, the %DO, Chl-a, FPM,
and M-AMBI. Groups 3 and 4 highlighted some parameters which were intermediate between groups
1 and 2.
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Figure 9. Principal component analysis (PCA) between physico-chemical parameters and macrophyte
variables. Legend: Rhiz = rhizomes, Surv = survived, Diam = diameter, surf = surface, Temp = water
temperature, Transp = water transparency, %DO = percentage of dissolved oxygen, w = water,
sed = sediment, dens = density; moist =moisture, Light-S = light at a depth of −5 cm, Light-B = light at
bottom, FPM = filtered particulate matter, Si = silicates, RP = reactive phosphorus, NH4

+ = ammonium,
NO2

− = nitrites, NO3
−, = nitrates, DIN = dissolved inorganic nitrogen, M-Biom =macroalgal biomass,

M-cov = macroalgal cover, Chl-a T = total chlorophyll-a, TP = total phosphorus, OP = organic
phosphorus, TN = total nitrogen, TC = total carbon, OC = organic carbon, SPM = settled particulate
matter, part = particulate.

4. Discussion

The results of this study highlight the potential of small primers, especially diffused transplants
of single rhizomes, for a rapid colonization of areas that have the suitable ecological conditions.
The transplants of aquatic angiosperms by single rhizomes do not require large efforts and expertise
and favors the diffusion of plants throughout the area. Therefore, the involvement of motivated groups
of people such as fishermen, hunters, and sport associations who frequently spend part of their time
in the lagoon was a great achievement for lagoon recovery. In the past, several transplants of sods
measuring some square meters [20–22] were carried out at the edges of canals or in relatively deep
areas. Such operations required great efforts, and also the use of large boats and mechanical means that
cannot operate in shallow waters. The Project Life12 NAT/IT/000331—SERESTO (www.lifeseresto.eu)
tested the possibility of recolonizing a large and shallow lagoon area (approximately 36.6 km2), where
the aquatic angiosperms had almost completely disappeared, through small, widespread transplants.
The proposed strategy achieved a large-scale restoration through the transplants of a small number of
plants (approximately 40 m2 during the entire project), with advantages in terms of costs and impact
on the donor sites.
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Intense monitoring of plant growth and environmental parameters over the whole area during
one year allowed to understand the reasons behind achievements and/or failures. Results showed
that aquatic angiosperms took roots only in areas where nutrient concentrations were not too high
and where the tionitrophilic macroalgae, especially Ulvaceae, Cladophoraceae, and Gracilariaceae
prevailed, both sods and rhizomes chocked and died. Angiosperm transplants failed near river
outflows because waters were turbid and rich in nutrients. The choice to transplant angiosperms as
well in these areas and to monitor the environmental parameters allowed to identify a series of critical
values that must be taken into account should these techniques be successfully applied to other areas.
First of all, as reported in other studies [7], the presence and growth of aquatic angiosperms depended
on the species considered, degree of trophic conditions, and clearness of the waters. The lagoon
areas we studied are colonized by five species: three seagrasses (Cymodocea nodosa Ucria (Ascherson),
Zostera marina Linnaeus, and Zostera noltei Hornemann) and two aquatic angiosperms (Ruppia cirrhosa
Petagna (Grande) and Ruppia maritima Linnaeus) [23]. All of them have different ecological features.
Cymodocea nodosa is a subtropical species that colonizes areas characterized by high salinity, coarse grain
sediments, and low nutrient concentrations. It prefers the areas which are strongly influenced by marine
waters near the lagoon mouths or high-flow canals, but it can also be present in choked areas [7,23]
provided there are the conditions quoted above. However, in the shallow choked areas, where water
renewal is low, it reaches much smaller sizes than in areas vivified by the sea. Zostera marina prefers
areas characterized by fine sediments and high water exchange, because it is a species very sensitive to
high temperatures. It reaches the highest growth in April–May, afterwards it decreases and disappears
almost completely when the water temperature remains above 26–28 ◦C for long periods. Zostera noltei
and Ruppia cirrhosa prefer shallow choked areas. The former grows mainly along saltmarsh edges
and the latter in any shallow bottom, provided the waters are clear. Both species colonize areas with
fine sediments where temperature and salinity are very variable, but Ruppia cirrhosa prefers the most
choked areas and sediments with a higher percentage of fines. Finally, Ruppia maritima is the species
which most easily adapts to extreme variations in salinity and temperature. It usually grows in the
pools of salt marshes, which are in-flowed by new water only during particularly high tides [23].

Our transplants involved the first four species, particularly Z. marina and Z. noltei, whereas
R. cirrhosa and C. nodosa were only transplanted in some stations with suitable ecological conditions.
All the species took root, but Z. noltei was the most successful. It rapidly colonized all the saltmarsh
edges of the whole transplanting area, where new plants were also produced through natural seed
dispersion. Zostera marina took root in areas with a negligible tionitrophilic algal biomass, where good
water renewal kept temperatures moderate, preventing the formation of sulfides that are very toxic
and lead to the species local extinction [24]. Transplants of Z. marina carried out in the autumn were a
great achievement, because they formed numerous patches, even though in the presence of the high
summer temperatures (>26–28 ◦C), which were also recorded by [25] in the Denmark coasts, they
started to regress and in some areas, disappeared altogether. Temperature was the most critical factor
for the survival of this species. Some authors [26] who had carried out in-culture experiments fond
that the best temperature for the growth of Z. marina was <25 ◦C. At 27 ◦C, the growth decreased
significantly and at higher temperatures it died. This explains why it is widely distributed in the
cold waters of the northern part of the Atlantic Ocean and the Pacific Ocean, up to the Arctic Circle.
In the Mediterranean Sea, it is a relict species of the ancient Tetide Ocean that colonizes mainly areas
characterized by moderate temperatures and salinities [10–25,27] such as the northern Adriatic Sea,
the Aegean Sea, the Black Sea, and some areas of the Spanish and French coasts [28]. Ruppia cirrhosa
was transplanted into 12 stations. In the three decades previous to transplant activities, there was no
sign of the presence of this species in the lagoon which is open to tidal expansion, whereas it was
abundant in the closed fishing ponds [28,29]. The year after transplanting its spread was explosive, as
it rapidly colonized all the choked shallow areas, while no rooting was observed in areas vivified by
large canals.
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Cymodocea nodosa was transplanted only in a station and as expected, its spread was very limited
(stations 7 and 17) because of the ecological conditions of the transplant areas.

The establishment and growth of these aquatic angiosperms are strongly affected by the excess of
nutrients in the water column, surface sediment, and SPM, especially by the phosphorus compounds
(Table 1) as reported by [30]. High sediment moisture and porosity also counteract plant rooting
because sediments are less compact, anoxic, and rich of organic nutrients. In addition, sediments
characterized by high moisture usually contain a high amount of ammonium [31] and sulfides [32,33]
that act as phytotoxins and hamper plant rooting.

Despite the short period considered, the responses of some indices used to assess the ecological
status were positive. The macrophyte quality index (MaQI) and habitat fish biotic index (HFBI)
only one year after transplanting showed the same positive correlations with the presence of aquatic
plants as by Spearman’s non-parametric coefficients and PCA. On the contrary, M-AMBI did not
respond positively to the presence of aquatic plants. In fact, the benthic macrofauna used for the
index application lives inside the sediment, which requires longer time to change its physico-chemical
characteristics than the water column. Therefore, we expect that benthic macrofauna will respond to
the changes with a delay of a few years.

According to [34–36], pristine TWS should be colonized by aquatic angiosperms. These plants
favor the maintenance of good ecological conditions. They control the change of water and sediments
pH, favoring the development of calcareous algae, trap large amounts of CO2 [37,38], and prevent
sediment erosion and dispersion, favoring sedimentation processes. In addition, angiosperm meadows
are natural nurseries where the fish macrofauna finds food and shelter [39–41]. Finally, the small
aquatic angiosperms like Z. noltei and Ruppia spp. that colonize the emerging seabed at low tide are
also the best environment for birds such as ducks, flamingos, and herons that feed on both plants
and the organisms typical of those areas. Therefore, the recovery of TWS through recolonization of
environments with aquatic angiosperms is of fundamental importance. But, the success of transplants
largely lies also on the cooperation of the population interested in safeguarding the environments they
attend for work or leisure.

Author Contributions: Conceptualization, A.S., P.F., A.B. (Andrea Bonometto) and R.B.B.; Formal analysis,
A.B. (Alessandro Buosi), Y.T., A.-S.J., A.A.S., L.S., E.P., F.R., D.B., C.G., F.O. and F.C.; Funding acquisition,
A.S., A.B. (Andrea Bonometto) and R.B.B.; Investigation, A.S. and P.F.; Methodology, A.S. and A.B. (Andrea
Bonometto); Project administration, A.S. and C.F.; Resources, A.S. and A.B. (Andrea Bonometto); Supervision,
A.S.; Visualization, A.S. and A.B. (Andrea Bonometto); Writing—original draft, A.S.; Writing—review and editing,
A.S., A.B. (Alessandro Buosi), Y.T., A.-S.J., C.F., A.A.S., P.F., L.S., A.B. (Andrea Bonometto), E.P., F.R., D.B., C.G.,
F.O., F.C. and R.B.B.

Funding: This research was funded by the European Union’s LIFE+ financial instrument (grant LIFE12
NAT/IT/000331—LIFE SERESTO, which contributes to the environmental recovery of a Natura 2000 site, SIC
IT3250031—Northern Venice Lagoon).

Acknowledgments: The authors thank Orietta Zucchetta for reviewing the English language and are grateful to
the anonymous reviewers that have revised the paper for useful suggestions to improve the manuscript.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Larkum, A.W.D.; McComb, A.J.; Shepherd, S.A. Biology of Seagrasses: A Treatise of the Biology of Seagrasses with
Special Reference to Australian Region; Elsevier: Amsterdam, The Netherlands, 1989; p. 841.

2. Ondiviela, B.; Losada, I.J.; Lara, J.L.; Maza, M.; Galván, C.; Bouma, T.J.; van Belzen, J.V. The role of seagrasses
in coastal protection in a changing climate. Coast. Eng. 2014, 87, 158–168. [CrossRef]

3. Duarte, C.M.; Losada, I.J.; Hendriks, I.E.; Mazarrasa, I.; Marba, N. The role of coastal plant communities for
climate change mitigation and adaptation. Nat. Clim. Chang. 2013, 3, 961–968. [CrossRef]

4. Jones, C.G.; Lawron, J.H.; Shachak, M. Positive and negative effects of organisms as physical ecosystem
engineers. Ecology 1997, 78, 1946–1957. [CrossRef]

18



Water 2019, 11, 2135

5. Horinouchi, M. Horizontal gradient in fish assemblage structures in and around a seagrass habitat: Some
implications for seagrass habitat conservation. Ichthyol. Res. 2009, 56, 109–125. [CrossRef]

6. Jackson, E.L.; Attrill, M.J.; Jones, M.B. Habitat characteristics and spatial arrangement affecting the diversity
of fish and decapod assemblages of seagrass (Zostera marina) beds around the coast of Jersey (English
Channel). Estuar. Coast. Shelf Sci. 2006, 68, 421–432. [CrossRef]

7. Sfriso, A.; Buosi, A.; Facca, C.; Sfriso, A.A. Role of environmental factors in affecting macrophyte dominance
in transitional environments: The Italian Lagoons as a study case. Mar. Ecol. 2017, 38, e12414. [CrossRef]

8. Sfriso, A.; Pavoni, B.; Marcomini, A.; Orio, A.A. Macroalgae, nutrient cycles and pollutants in the lagoon of
Venice. Estuaries 1992, 15, 517–528. [CrossRef]

9. Sfriso, A.; Facca, C. Distribution and production of macrophytes in the lagoon of Venice Comparison of
actual and past abundance. Hydrobiologia 2007, 577, 71–85.

10. Sfriso, A.; Facca, C.; Bon, D.; Giovannone, F.; Buosi, A. Using phytoplankton and macrophytes to assess the
trophic and ecological status of some Italian transitional systems. Cont. Shelf Res. 2014, 81, 88–98. [CrossRef]

11. Sfriso, A.; Facca, C.; Bon, D.; Buosi, A. Macrophytes and ecological status assessment in the Po delta
transitional systems, Adriatic Sea (Italy). Application of Macrophyte Quality Index (MaQI). Acta Adriat.
2016, 57, 209–226.

12. Sfriso, A.; Facca, C.; Marcomini, A. Sedimentation rates and erosion processes in the lagoon of Venice.
Environ. Int. 2005, 31, 983–992.

13. Sfriso, A.; Buosi, A.; Mistri, M.; Munari, C.; Franzoi, P.; Sfriso, A.A. Long-term changes of the trophic status in
transitional ecosystems of the northern Adriatic Sea, key parameters and future expectations: The lagoon of Venice
as a study case. In Italian Long-Term Ecological Research for Understanding Ecosystem Diversity and Functioning.
Case Studies from Aquatic, Terrestrial and Transitional Domains. Nat. Conserv. 2019, 34, 247–272.

14. Available online: http://www.arpa.veneto.it/dati-ambientali/open-data/file-e-allegati/2017 (accessed on
10 July 2019).

15. Sfriso, A.; Facca, C.; Bonometto, A.; Boscolo Brusà, R. Compliance of the Macrophyte Quality Index (MaQI)
with the WFD (2000/60/EC) and ecological status assessment in transitional areas: The Venice lagoon as
study case. Ecol. Indic. 2014, 46, 536–547. [CrossRef]

16. ISPRA. Manuale per la Classificazione Dell’elemento di Qualità Biologica “Fauna Ittica” Nelle Lagune Costiere
Italiane Applicazione Dell’indice Nazionale HFBI (Habitat Fish Bio-Indicator) ai Sensi del D.Lgs 152/2006; Manuali e
Linee Guida 168/2017; ISPRA: Ispra, Italy, 2017.

17. Muxika, I.; Borja, A.; Bald, J. Using historical data, expert judgement and multivariate analysis in assessing
reference conditions and benthic ecological status, according to the European Water Framework Directive.
Mar. Pollut. Bull. 2007, 55, 16–29. [CrossRef]

18. Sfriso, A.A.; Sfriso, A. In situ biomass production of Gracilariaceae and Ulva rigida: The Venice Lagoon as
study case. Bot. Mar. 2017, 60, 271–283. [CrossRef]

19. Sfriso, A.; Curiel, D.; Rismondo, A. The Venice Lagoon. In Flora and Vegetation of the Italian Transitional Water
Systems; Cecere, E., Petrocelli, A., Izzo, G., Sfriso, A., Eds.; CORILA: Venice, Italy, 2009; pp. 17–80.

20. Consorzio Venezia Nuova, Cantieri Costruzioni Cementi, SELC. Interventions to the Lagoon Inlets for the
Regulation of Tidal Flows. Lido Mouth: S. Nicolò-Treporti. Lido-Arsenale Instrumentation and Control Systems.
Morphological-Vegetation Restoration of the Area Occupied by the Artificial Island by Transplanting Seagrasses; Final
Report; Consorzio Venezia Nuova: Venice, Italy, 2016.

21. Venice Water Authority, THETIS, SELC. Compensation, Conservation and Environmental Redevelopment Plan for
SCI and SPA of the Venice Lagoon. Seagrass Transplant Operations; Concessionaire Consorzio Venezia Nuova:
Venice, Italy, 2010. (In Italian)

22. CORILA—Consortium for the Coordination of Research Related to the Venice Lagoon System. Study B.6.72
B/13. Survey Activities for Monitoring the Effects Produced by the Construction of the Gates on the Lagoon inlets.
Monitoring of Marine Phanerogam Transplants; Final Report; CORILA: Venice, Italy, 2019.

23. Sfriso, A. Chlorophyta Multicellulari e Fanerogame Acquatiche. Ambienti di Transizione Italiani e Litorali Adiacenti.
I Quaderni di ARPA; ARPA Emilia-Romagna: Bologna, Italy, 2010; p. 320.

24. Dooley, F.D.; Wyllie-Echeverria, S.; Rothc, M.B.; Warda, P.D. Tolerance and response of Zostera marina
seedlings to hydrogen sulfide. Aquat. Bot. 2013, 105, 7–10. [CrossRef]

25. Höffle, H.; Thomsen, M.S.; Holmer, M. High mortality of Zostera marina under high temperature regimes but minor
effects of the invasive macroalgae Gracilaria vermiculophylla. Estuar. Coast. Shelf Sci. 2011, 92, 35–46. [CrossRef]

19



Water 2019, 11, 2135

26. Nejrup, L.B.; Pedersen, M.F. Effects of salinity and water temperature on the ecological performance of
Zostera marina. Aquat. Bot. 2008, 88, 239–246. [CrossRef]

27. Mannino, A.M.; Menéndez, M.; Obrador, B.; Sfriso, A.; Triest, L. The genus Ruppia L. (Ruppiaceae) in the
Mediterranean region: An overview. Aquat. Bot. 2015, 124, 1–9. [CrossRef]

28. Available online: https://it.wikipedia.org/wiki/Zostera_marina (accessed on 10 July 2019).
29. Sfriso, A. Ruppia maritima L. e Ruppia cirrhosa (Petagna) Grande (Helobiae, Spermatophyta) in laguna di

Venezia. Lavori Soc. Veneziana Sci. Nat. 2008, 33, 41–46.
30. Brodersen, E.K.; Koren, K.; Moßhammer, M.; Ralph, P.J.; Michael Kühl, M.; Santner, J. Seagrass-Mediated

Phosphorus and Iron Solubilization in Tropical Sediments. Environ. Sci. Technol. 2017, 51, 14155–14163.
[CrossRef] [PubMed]

31. Sfriso, A.; Marcomini, A. Macrophyte production in a shallow coastal lagoon Part I. Coupling with
physico-chemical parameters and nutrient concentrations in waters. Mar. Environ. Res. 1997, 44, 351–375.
[CrossRef]

32. Koch, M.S.; Erskine, J.M. Sulfide as a phytotoxin to the tropical seagrass Thalassia testudinum: Interactions
with light, salinity and temperature. J. Exp. Mar. Biol. Ecol. 2001, 266, 81–95. [CrossRef]

33. Pedersen, M.Ø.; Kristensen, E. Sensitivity of Ruppia maritima and Zostera marina to sulfide exposure around
roots. J. Exp. Mar. Biol. Ecol. 2015, 468, 138–145. [CrossRef]

34. Orfanidis, S.; Panayotidis, P.; Stamatis, N. Ecological evaluation of transitional and coastal waters: A marine
benthic macrophytes-base model. Mediterr. Mar. Sci. 2001, 2, 45–65. [CrossRef]

35. Sfriso, A.; Facca, C.; Ghetti, P.F. Rapid Quality Index (R-MaQI), based mainly on macrophyte associations,
to assess the ecological status of Mediterranean transitional environments. Chem. Ecol. 2007, 23, 1–11.
[CrossRef]

36. Viaroli, P.; Bartoli, M.; Giordani, G.; Naldi, M.; Orfanidis, S.; Zaldívar, J.M. Community shifts, alternative stable
states, biogeochemical controls and feed-backs in eutrophic coastal lagoons: A brief overview. Aquat. Conserv.
2008, 18, S105–S117. [CrossRef]

37. Mcleod, E.; Chmura, G.L.; Bouillon, S.; Salm, R.; Björk, M.; Duarte, C.M.; Lovelock, C.E.; Schlesinger, W.H.;
Silliman, B.R. A blueprint for blue carbon: Toward an improved understanding of the role of vegetated
coastal habitats in sequestering CO2. Front. Ecol. Environ. 2011, 9, 552–560. [CrossRef]

38. Duarte, C.M.; Sintes, T.S.; Marbà, N. Assessing the CO2 capture potential of seagrass restoration projects.
J. Appl. Ecol. 2013, 50, 1341–1349. [CrossRef]

39. Scapin, L.; Zucchetta, M.; Facca, C.; Sfriso, A.; Franzoi, P. Using fish assemblage to identify success criteria
for seagrass habitat restoration. Web Ecol. 2016, 16, 33–36. [CrossRef]

40. Scapin, L.; Zucchetta, M.; Sfriso, A.; Franzoi, P. Local habitat and Seascape Structure Influence Seagrass Fish
Assemblages in the Venice Lagoon: The Importance of Conservation at Multiple Spatial Scales. Estuar. Coasts
2018, 41, 2410–2425. [CrossRef]

41. Scapin, L.; Zucchetta, M.; Sfriso, A.; Franzoi, P. Predicting the response of nekton assemblages to seagrass
transplantations in the Venice lagoon: An approach to assess ecological restoration. Aquat. Conserv. Mar.
Freshw. Ecosyst. 2019, 29, 849–864. [CrossRef]

© 2019 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

20



water

Article

Trophic Features, Benthic Recovery, and Dominance
of the Invasive Mytilopsis Sallei in the Yundang
Lagoon (Xiamen, China) Following
Long-Term Restoration

Paolo Magni 1,*, Serena Como 1, Maria Flavia Gravina 2,3, Donghui Guo 4, Chao Li 4 and

Lingfeng Huang 5,*

1 National Research Council of Italy, Institute for the Study of Anthropogenic Impact and Sustainability in
Marine Environment (CNR-IAS), 09170 Oristano, Italy

2 Dipartimento di Biologia, Università di Roma “Tor Vergata”, 00133 Rome, Italy
3 Consorzio Nazionale Interuniversitario per le Scienze del Mare (CoNISMa), Piazzale Flaminio 9,

00196 Rome, Italy
4 State Key Laboratory of Marine Environmental Science, College of Ocean and Earth Sciences,

Xiamen University, Xiamen 361102, Fujian, China
5 Key Laboratory of the Ministry of Education for Coastal and Wetland Ecosystems,

College of the Environment and Ecology, Xiamen University, Xiamen 361102, Fujian, China
* Correspondence: paolo.magni@cnr.it (P.M.); huanglf@xmu.edu.cn (L.H.)

Received: 20 June 2019; Accepted: 12 August 2019; Published: 15 August 2019

Abstract: A comprehensive set of physicochemical variables in near-bottom water and surface
sediments, as well as the soft-bottom macrozoobenthic assemblages were investigated at six sites
across the Yundang Lagoon (Southeast China) in November 2012. This lagoon was severely damaged
in the 1970s due to domestic and industrial pollution and land reclamation and underwent a massive
restoration effort over the past 30 years. Our objectives were to: (1) assess the current trophic
and environmental condition of the lagoon; (2) investigate the pattern of spatial variation in the
macrozoobenthic assemblages; and (3) assess the benthic recovery in relation to the main environmental
gradients and the presence of invasive alien species. Nutrient, chlorophyll-a, biological oxygen
demand (BOD5), chemical oxygen demand (CODMn), and total organic carbon (TOC) concentrations
were lower than those reported in previous decades, yet organically-enriched conditions occurred at
an inner site. From azoic conditions in the 1980s and a few benthic species reported prior to this study,
we found a significant increase in benthic diversity with 43 species heterogeneously distributed across
the lagoon. The invasive bivalve Mytilopsis sallei was the dominant species, which was associated with
the richest benthic assemblage. However, M. sallei is a pest species, and its spatiotemporal distribution
should be carefully monitored. These results highlight the central role of the macrozoobenthos in
providing important ecological information on the current status of the Yundang Lagoon and as
an effective biological tool to follow the recovery’s progress and the future evolution of this highly
valued ecosystem.

Keywords: macroinvertebrates; biodiversity; eutrophication; saprobity; organic pollution; spatial
variation; sediments; coastal lagoons; invasive alien species

1. Introduction

Coastal lagoons are typically human-managed, highly productive ecosystems which provide
multiple uses and services [1–3]. However, in the last few decades, engineering interventions have
increasingly affected lagoons’ morphology, hydrodynamics, and sedimentology, resulting in excessive
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inputs of nutrients and organic matter (OM) that have led to eutrophication and organic over-enrichment
of the sediments [4–7]. These factors have profoundly impaired the biological structure, trophic status,
and functioning of coastal lagoon systems worldwide [8–11]. As an example, dystrophic events are
the cause of anoxia, sulfide development, mass mortalities, and shifts to alternative ecohydrological
states characterized by reducing conditions and lower pH [12–15]. Within this context, the concept
of “saprobity”, originally developed for rivers and lakes more than a century ago [16,17], applies
well to coastal lagoons as a “state descriptor” of the ecosystem’s condition resulting from the input
and decomposition of OM and the removal of its catabolites [18]. Thus, both the trophic features
(i.e., the amount of nutrients and OM in water and sediments) and the degree of saprobity (i.e., the
balance between input of OM and other processes such as mineralization, sinking, dilution and export
of OM) are instrumental for assessing the natural conditions and the environmental quality of a
lagoon. Contrary to estuaries where the salinity gradient is dominant [19], the seawater renewal and
hydrodynamics strongly govern the land-sea gradient in coastal lagoons [18,20]. Several field studies
have described how species or groups of benthic organisms reduce their abundance in a given order
as environmental stress increases, and how the number of taxonomic groups is reduced as stress
increases [21–25]. Similarly, the main effect of saprobity on the macrozoobenthic assemblages is that
the number of species that can cope with it decrease progressively as saprobity increases, leading to a
reduction of species richness and diversity [18,26]. Yet, OM input associated with low saprobity due to
high oxygen availability or low by-product (e.g., ammonia and sulfide) concentrations can promote
the vitality of the biocoenosis, increasing biomass and abundance.

In China, many coastal areas are experiencing major urban and economic development, which is
often coupled with growing anthropogenic pressures such as land reclamation, which often causes
loss of coastal wetlands and serious environmental problems [27]. Monitoring and assessment of
man-made pollutants and their sources are, thus, crucial for evaluating the environmental quality
of these areas, including coastal lagoons, located at the interface between continental and marine
ecosystems. Accordingly, a substantial body of legislation exists to address environmental protection in
China, such as laws on Water (21 January 1988) and Environmental Protection (26 December 1989), Sea
Water Quality GB 3097-1997, Environmental Quality for Surface Water GB 3838-2002, and Provisions
for Monitoring of Marine Culture and Propagation Areas (1 April 2002) [28]. The Yundang Lagoon is
an urban water body located in the highly populated and industrialized city of Xiamen (Southeast
China). This lagoon, a natural bay open to the sea and historically rich in marine species, was severely
damaged in the 1970s due to domestic and industrial pollution and land reclamation for agriculture.
In particular, the Yundang Lagoon was reduced in size by more than 90% (from 10 km2 before 1970 to
0.8 km2 by 1988) and suffered decreased water flow and enhanced siltation, anoxia, loss of habitat and
species, and the eventual collapse of the whole ecosystem [29–31]. Thus, an integrated management
program aimed at restoring the ecosystem was put in place in the late 1980s, which included clean-up
activities, wastewater treatment, flood prevention, and sludge dredging. The lagoon was also opened
to the outer bay of the Xiamen Sea through a diversion canal inlet in the early 1990s, coupled with new
restoration actions including a mangrove plantation and phytoremediation techniques [29,32]. One of
the main current aspirations of residents and the government is to restore the ecosystem services that a
healthy Yundang Lagoon could provide [29,33].

Environmental and ecological studies in Chinese coastal lagoons are sparse, but growing steadily,
owing to the scientific and socio-economic interest in these highly productive but fragile ecosystems [27,31].
Within this framework, in the present study the environmental and benthic features of the Yundang
Lagoon were investigated as a unique case-study of a formerly “dead” lagoon which underwent a massive
restoration effort over the past 30 years. We hypothesized that the long-term restoration interventions
may have led to improved environmental and biological conditions of the lagoon. To address these issues,
we analyzed a comprehensive set of physicochemical variables in water and sediments, as well as the
macrozoobenthic assemblages, at six different sites across the Yundang Lagoon. Our objectives were
to: (1) evaluate the trophic features of the lagoon and possible areas of major environmental concern;
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(2) investigate the pattern of spatial variation in the macrozoobenthic assemblages; and (3) assess the
benthic recovery in relation to both the main environmental (e.g., trophic and saprobity) gradients and
the presence of invasive alien species.

2. Materials and Methods

2.1. Study Area

The Yundang Lagoon was selected as the study site, a subtropical urban water body in Xiamen
City, Southeast China, which connects to the Western Sea of Xiamen Island through a small canal
controlled by a sluice (Figure 1). The Yundang Lagoon used to be a natural bay called Yundang Harbor.
The harbor covered an area of about 10 km2 (6.3 km long and 1.6 km wide). A great number of land
reclamation projects were carried out in the early 1970s, and the Yundang Harbor gradually became a
dead lagoon unable to exchange water with the sea. The lagoon area was reduced from the original 10
km2 to only 2.2 km2 (1988 data, including 1.0 km2 of marshes). At present, the total water area of the
Yundang Lagoon is approximately 1.5 km2, with a maximum depth of around 5 m and a drainage
area of 37 km2, making up 30% of Xiamen Island. The lagoon can be subdivided into different sectors,
including a diversion canal, inner and outer sectors, and an innermost canal (Figure 1).

Figure 1. Location of the study area (Xiamen Island, Southeast China) and sampling sites (sites A–F)
in the Yundang Lagoon. A schematic representation of water circulation in the Yundang Lagoon is
given in [34].

2.2. Experimental Design and Sampling Activities

Samples were collected on November 13–14, 2012 at six different sites (A–F) hundreds of meters
apart and covering different sectors of the lagoon (Figure 1). Site selection was based on our extensive
knowledge of the lagoon’s general features [32,34,35]. All sites were characterized by unvegetated
soft-bottom sediments with a depth varying from about 1.5–3 meters. At each site, three stations tens of
meters apart were randomly chosen and three replicate sediment samples meters apart were collected
at each station using a Van Veen grab (30 × 20 cm, penetration depth 18 cm, approximate volume
of 7 L), for a total of 54 samples. Each sediment sample was sieved on a mesh size of 0.5 mm and
the residue was fixed in a 5% formalin buffered solution for macrozoobenthos determination. Prior
to sieving, a subsample of the top 1 cm of the sediment was collected from each grab to determine
water content and grain-size and chemical (total organic carbon and total nitrogen) analysis. These
subsamples were kept refrigerated in a cooler-box until further treatment in the laboratory.

At each site and station, water salinity, temperature, and dissolved oxygen (DO) concentrations
were measured using a portable CTD cast (YSI 6600) and near-bottom water samples for chemical
analysis (nutrients, biological oxygen demand (BOD5), chemical oxygen demand (CODMn), and
chlorophyll-a (Chl-a)) and suspended solid (SS) determination were collected using a two-liter Niskin
bottle, for a total of 18 samples.
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2.3. Sample Treatment and Analysis

In the laboratory, water samples were filtered using a 0.45 μm filter. Nutrients (ammonia, nitrate,
nitrite, and reactive phosphorus (RP)), BOD5, CODMn, and SS were measured by applying standard
analytical methods (Table 1) according to the national standard GB17378.4 [36]. Chl-a was measured
by fluorometric analysis using a Turner Designs Fluorometer (Mode 10-AU) (San Jose, USA).

Table 1. Methods used for seawater analysis in Yundang Lagoon. All methods are according to the
national standard GB17378.4 [36].

Variable Method Lower Detection Limit (mg L−1)

Ammonia Indophenol-blue colorimetry 0.012

Nitrite N(1-naphty1)-ethylenediamine
dihydrochloride spectrophotometric method 0.0005

Nitrate Cadmium column reduction method 0.012

Phosphate Phosphomolybdenum blue
spectrophotometric method -

Biological Oxygen Demand
(BOD5) Five-days biochemical culture method 2

Chemical Oxygen Demand
(CODMn)

Potassium iodide-alkaline potassium
permanganate determination method 0.5

Suspended solids (SS) Weighting 0.1

For the measurements of sediment particle size, diluted hydrochloric acid and hydrogen peroxide
were added to the evenly mixed sample to remove carbonates and organic matter. After being washed
to remove the acid to attain neutrality, Na-hexametaphosphate 0.6% solution was added to avoid
particle flocculation, and the samples were allowed to rest for 24 h. Subsequently, the median particle
size of sediments (Md) was measured with a Malvern Mastersizer 2000 laser particle size analyzer
(Malvern, United Kingdom), and the measurement data were outputted at 1/4 Φ intervals. The moment
method was used to calculate the grain-size parameters of the sediments [37]. The water content (Wc)
of the sediment was obtained after drying a sediment subsample at 70 ◦C for 24 h. Analysis of total
organic carbon (TOC) and total nitrogen (TN) content of sediments was accomplished by freeze-drying
and powdering the sediment sample. Carbonate was removed from the sample with 2 N HCl, at which
point it was vacuum-dried. The TOC and TN content of the dried sediment sample was measured
using an Elemental vario EL-III element analyzer. Replicate analyses of standards of acetanilide yielded
a mean precision of about 0.3% for organic carbon and nitrogen.

The macrozoobenthos from each grab sample were sorted, identified to the species level, when
possible, counted under a stereo-microscope and preserved in 75% ethanol. After counting, the wet
weight was taken for individuals of the same species in each sample.

2.4. Data Analyses

In order to evaluate environmental differences among sites, multivariate analyses were carried
out on the environmental data using the principal component analysis (PCA) ordination method
and correlation matrices [38]. The components loadings were considered to quantify the correlation
between the variables and the principal components scores. Water and sediment variables were
analyzed separately in order to investigate the trophic features of the Yundang Lagoon from two
different perspectives and to evaluate the consistency of results between the two ecosystem components
(water and sediment). Near-bottom water variables included salinity, ammonium, nitrate, nitrite,
dissolved inorganic nitrogen (DIN = sum of ammonium, nitrate, and nitrite), RP, N/P ratio, DO,
BOD5, CODMn, chlorophyll-a (Chl-a), and suspended solids (SS). Sediment variables included the sand
(>63 μm), silt (63-8 μm) and clay (<8 μm) fractions, Md, Wc, and TOC (TN was excluded from the
multivariate analyses as it correlated to TOC at R > 0.90).

PERMANOVA was used to tests for differences in the arrangement of the sites in terms of biotic
parameters (i.e., abundance, number of species, diversity, biomass) and the abundance of individual
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species [39]. The pairwise post hoc test was also performed for all pairs of site comparisons. The
Bonferroni correction was used and 9999 permutations were performed [40]. Differences among sites
related to macrozoobenthos data were examined by means of non-metric multidimensional scaling
(nMDS) based on the Bray–Curtis similarity matrix. Dominance curves [41] were plotted for each site,
and species were ranked in order of importance in terms of percent cumulative abundance. Canonical
correspondence analysis (CCA) was performed on macrozoobenthos abundance data (log transformed)
and environmental variables (nitrate, ammonium, RP, SS, sand, Md, TOC) at each site, in order to test
the response of the macrozoobenthic community to the main environmental (trophic and confinement)
gradients to determine what provided the best combination of variables supporting the ordination
model [42]. In particular, nitrate, ammonium, and RP for the water and TOC for the sediments were
used as trophic variables, while SS for the water and sand and Md for the sediments were used as
variables related to the hydrodynamics and confinement of the lagoon.

All statistical analyses were performed by means on the PAST statistics program (version 3.12).

3. Results

3.1. Environmental Variables

3.1.1. Water

Near-bottom water temperature and salinity were homogeneous throughout the lagoon averaging
22.6 ± 0.2 ◦C and 29.9 ± 0.3 psu (± SE standard error), respectively. Marked spatial variation was found
for all the other environmental variables examined (Figure 2). In particular, ammonium, RP, BOD5,
CODMn, and Chl-a concentrations were highest at site F, while nitrate, nitrite and DIN concentrations,
and the N/P ratio were lowest at site A. SS concentrations were lowest at both site A and B. Overall, the
water variables highlighted the hypertrophic condition of site F, in the innermost sector of the lagoon,
as compared to all the other sites. Separation of sites was also clearly revealed by PCA, as site F was
separate along the x-axis, and sites A and B along the y-axis (Figure 3). The PCA loadings showed the
highest correlation for ammonium, RP, BOD5, CODMn, and Chl-a (positive), and DO (negative) on the
x-axis, and the highest (positive) correlation for nitrate, nitrite DIN, N/P, and SS on the y-axis (Table 2).

a

Figure 2. Mean value (n = 3; ±SE standard error) of near-bottom water variables at each site:
ammonium, nitrate, nitrite, dissolved inorganic nitrogen (DIN = ammonium, nitrate, and nitrite),
reactive phosphorous (RP), N/P, dissolved oxygen (DO), biological oxygen demand (BOD5), chemical
oxygen demand (CODMn), chlorophyll-a (Chl-a), and suspended solids (SS).
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Figure 3. Principal component analysis (PCA) of near-bottom water variables, including salinity,
dissolved oxygen (DO), ammonium, nitrate, nitrite, dissolved inorganic nitrogen (DIN = ammonium,
nitrate, and nitrite), reactive phosphorus (RP), N/P ratio, suspended solids (SS), biological oxygen
demand (BOD5), chemical oxygen demand (COD5), and chlorophyll-a (Chl-a). PC1 = 46.5% of variance,
PC2 = 34.4% of variance.

Table 2. Component correlation coefficients in the principal component analysis (PCA) of the water
variables and the first two components (PC1 and PC2 = 46.5% and 34.4% of variance, respectively).

PC1 PC2

Salinity 0.10 0.25
Dissolved oxygen −0.34 −0.03

Nitrate −0.29 0.34

Nitrite −0.21 0.36

Ammonium 0.37 0.24
DIN −0.11 0.47

RP 0.38 0.18
N/P −0.24 0.40

Suspended solids 0.04 0.40

BOD5 0.32 0.19
CODMn 0.37 −0.01

Chlorophyll−a 0.39 0.15

In bold, the highest loadings.

3.1.2. Sediments

Surface sediments were generally muddy, with a prevalence of silt at all sites (Figure 4). However,
spatial differences included higher sand content at sites A and B, compared to C, D, and E (Figure 4).
The median particle diameter (Md) varied similarly to the variation in the silt content among sites,
with the highest Md values at sites C, D, and E. The water content (Wc) varied less markedly among
sites, with the largest within−site variation at site A. Finally, the TOC content did not show marked
differences among sites, except at site F. In particular, TOC varied from 1.7% to 2.3% at sites A and B,
respectively, but was up to 5.0 ± 0.01 at site F, providing an additional evidence of its hypertrophic
condition (Figure 4). Similar to the water variables, the ordination model of the PCA carried out on the
sediment variables revealed a clear separation of site F along the y-axis (Figure 5). Along the x-axis,
sites A and B were located on the negative pole, opposite to sites C, D, and E. The observed pattern is
consistent with the variation in sediment grain-size among sites A–E, with higher loadings for sand
(negative values) and silt, clay and Md (positive values) on the x-axis. On the contrary, factors related to
organic enrichment, found at site F, were mostly correlated with the y-axis where Wc (a proxy of mud
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content) and TOC showed a positive and a negative correlation, respectively (Table 3). Overall, these
results were consistent with those obtained from the water variables, indicating that both water and
sediment components provide consistent data helpful in assessing the environmental heterogeneity
and the trophic features of the Yundang Lagoon.

Figure 4. Box-plots of sediment sand, silt and clay content, and median particle diameter (Md) and
water content (Wc) at each site (n = 9), as well as the mean value of total organic carbon (TOC) content
of sediments at each site (n = 3, ±SE standard error not visible when <0.01).

Figure 5. Principal component analysis (PCA) of sediment variables, including sand, silt, and clay
content, median particle diameter (Md), and water and total organic carbon content. PC1 = 67.6% of
variance, PC2 = 23.9% of variance.
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Table 3. Component correlation coefficients in the principal component analysis (PCA) of the sediment
variables and the first two components (PC1 and PC2 = 67.6% and 23.9% of variance, respectively).

PC1 PC2

Sand −0.49 0.00
Silt 0.48 −0.17

Clay 0.43 0.36
Md 0.48 0.16
Wc −0.33 0.46

TOC 0.00 −0.78

In bold, the highest loadings.

3.2. Macrozoobenthic Assemblages

In the present study, we found 43 taxa which marked a significant increase in benthic species
richness and diversity in the Yundang Lagoon compared to previous years and decades (Table 4). In
particular, according to the available published and gray literature, no species were present in the
1980s, a single polychaete, Neanthes succinea, was found in the 1990s, and a few more species (n = 9)
were reported during the 2000′s, with two polychaetes dominating (Neanthes glandicincta and Capitella
capitata), and the first report of the invasive bivalve Mytilopsis sallei (Table 4). In our study, M. sallei was
the most abundant benthic species, accounting for 75% of the total individuals and 88% of the total
biomass. Several other less abundant species included the gastropods Stenothyra glabra and Rissolina
plicatula, the bivalve Pseudopythina tsurumaru, the crustaceans Corophium sp. and Corophium uenoi, and
the polychaete Cossurella dimorpha (Table 4). All these species, except C. dimorpha, were found at site A.
M. sallei was dominant at all stations and replicates of sites A and C, very abundant at a single station
of site F, and was not found at sites B, D, and E. Another invasive species, the ascidian Styela plicata,
was found only in some replicates of site C, but followed M. sallei in terms of its contribution to the
total biomass (8.4%). S. glabra, P. tsurumaru and N. glandicincta occurred at all sites except B and F,
while C. dimorpha was dominant in B and absent in A and C. Finally, different subsets of species were
exclusive to a single site: nine species in A, four in B, four in C, nine in D and only two in E (Table 4).

The PERMANOVA conducted on the abundance of all species revealed significant differences
among sites. Site A was distinct from all the others, while site C differed from B, D, and E, and site F
from D and E (Table 5). These differences were similar to those found for M. sallei which showed the
highest abundance and biomass at site A. Significant differences also emerged from the structural biotic
parameters, including total abundance, species richness, diversity, and biomass (Table 6, Figure 6).
In the pairwise comparisons, site A was significantly different from most of the other sites in terms
of total abundance and species richness, and less so in terms of diversity (� from F) and biomass
(� from B, D, and E) (Table 7). Results suggest that the dominance of M. sallei appeared to be one of the
discriminating factors responsible for the differentiation of sites and their species richness. In addition,
site A had the highest species richness, followed by C, D, and E, and was significantly different in
terms of diversity from site F which had the least number of species (Table 7, Figure 6).
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Table 5. Results of PERMANOVA (based on Bray–Curtis similarity index) testing differences among
sites (A, B, C, D, E, F) for the abundance of all the taxa. Comparisons of post−hoc test between all
pairs of sites are also given. Significant comparisons at p < 0.05 are marked by * and at p < 0.01 by **.
The Bonferroni correction was used. Permutation number = 9999.

Total sum of squares 21.88
Within−group sum of squares 14.87

F 4.533
p (same) 0.0001

Pairwise between sites A B C D E

B 0.003**
C 0.07 0.02*
D 0.002** 0.28 0.003**
E 0.003** 1 0.005** 1
F 0.03* 0.53 0.11 0.003** 0.02*

Table 6. Results of PERMANOVA (based on Euclidean distance) testing differences among sites for
abundance, number of species, Shannon diversity (H’), and biomass. Permutation number = 9999.
All values are significant at p < 0.0005.

Abundance N◦ Species Diversity (H’) Biomass

Total sum of squares 9.08 249 17.37 2.18
Within−group sum of

squares 3.69 104.4 10.65 1.15
Pseudo F 14.00 13.29 6.07 8.69

p 0.0001 0.0001 0.0004 0.0001

Figure 6. Mean values (n = 9; ±SE standard error) of the total number of individuals (N, ind. 600 cm−2),
total number of species (S), Shannon index (H’), and biomass (g.wet weight 600 cm−2) at each site.
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Table 7. Results of post−hoc test between all pairs of sites. (A–F). Significant comparisons at p < 0.05
are marked by * and at p < 0.01 by **. The Bonferroni correction was used.

Abundance A B C D E

B 0.002**
C 0.01** 0.006**
D 0.02* 0.2 0.05
E 0.003** 1 0.02* 1
F 0.09 1 1 1 1

N◦ Species A B C D E

B 0.003**
C 0.02* 0.05
D 0.52 0.07 1
E 0.003** 1 1 0,94
F 0.002** 1 0.02* 0.04* 1

Diversity (H’) A B C D E

B 0.42
C 1 0.963
D 1 0.046* 0.628
E 1 1 1 0.513
F 0.01** 1 0.04* 0.009** 0.77

Biomass A B C D E

B 0.003**
C 1 0.001**
D 0.001** 0.016* 0.02*
E 0.001** 0.7 0.006** 1
F 0.44 1 1 1 1

Different aspects of diversity, i.e., species richness and the even distribution of individuals over
the species, differently affected the benthic distribution patterns of the study sites, as shown by the
cumulative dominance curves (Figure 7). The most even distribution in the number of individuals
among species was exhibited by site B (low species richness and low diversity), D (high species richness
and highest diversity), and E (intermediate between B and D in terms of species richness and diversity).
Instead, the highest abundances of M. sallei mostly affected the dominance curve of sites A and C
notwithstanding their high species richness (highest at site A). Finally, the short and flattened curve for
site F reflected both the lowest number of species (n = 5) observed and the high number of M. sallei
individuals which occurred at one of its three stations.

Figure 7. Cumulative dominance curves on macrobenthic abundance data from each sampling site.
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The separation of sites based on the macrobenthos structure was revealed by the MDS (Figure 8).
The low level of stress (=0.05) confirmed that there was a good representation of the community
pattern. Site A was most markedly distinguished from all the other sites, with the exception of one
station of site F dominated by M. sallei, while both sites A and C were clearly separated from the
other sites. The significance of differences among the sites was confirmed by the PERMANOVA
(Table 5). Canonical correspondence analysis (CCA) revealed the relationship between the selected
environmental variables and the ordination model produced (Figure 9). The first two axes accounted
for 69.1% of the explained variability (51.5% and 17.6% for the x- and y-axes, respectively). The
environmental variables were plotted as correlations with site scores and the strongest correlations
were found for sand (negative) and for SS, Md, nitrate, and RP (positive); TOC was less correlated
with the axes. Overall, the environmental variables mostly affecting the separation of sites were those
connected with the trophic and hydrodynamic features of the inner lagoon sites (D, E), with sand vs.
Md and SS in opposite directions to indicate, as proxies, higher and lower hydrodynamics, respectively
(Figure 9).

Figure 8. Non-metric multidimensional scaling (nMDS) ordination model of log transformed abundance
data (stress: 0.05). Each symbol represents a sampling station at each site obtained as the mean of three
replicate samples.

Figure 9. Plot of Canonical correspondence analysis (CCA) performed on species abundance and
environmental variables most correlated with two axes and indicative of trophic (i.e., ammonia,
nitrate, reactive phosphorus, and TOC) and hydrodynamic (i.e., suspended solids, sand, and
size-particle) conditions.
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4. Discussion

For the first time, this study assesses the trophic features and benthic diversity of the Yundang
Lagoon, an urban coastal lagoon in Southeast China, in a comprehensive and integrated manner.
The Yundang Lagoon was referred to as a “dead” lagoon in the 1970s, and has undergone 30-year
restoration effort. Microbiological and eco-toxicological studies conducted in the last decade suggest
that the recovery of the Yundang Lagoon has not yet been accomplished. In particular, high levels
of heavy metals and estrogenic compounds originating mainly from municipal wastewaters have
been found in sediments and pore-water of the Yundang Lagoon posing serious toxic risk to the
biota including humans [44–46]. Furthermore, evidence has shown that the discharge of surrounding
sewage is still a major source of OM pollution in the Yundang Lagoon [34,46].

These results provide a detailed analysis of the trophic features of the Yundang Lagoon
and highlight the high spatial heterogeneity of both abiotic (water and sediments) and biotic
(macrozoobenthos) components, in spite of its small size and the absence of a salinity gradient.
From an abiotic perspective, both water and sediment variables independently point in the same
direction. In particular, there was a major separation between the low-nutrient and sandier sites A
and B in the outer sector of the lagoon, and the hypertrophic and organically over-enriched site F in
the inner canal. Site F departed the most from all the other sites, which was consistent with the fact
that this sector of the lagoon is still subjected to numerous sewage discharges [32,47]. The confined
location and reduced hydrodynamics of site F are indicated by high levels of suspended solids in the
near-bottom water and a high silt content in surface sediments, making the site likely to favor the
accumulation of toxic by-products derived from the microbial decomposition of high amounts of OM
which were present above established critical thresholds [24,25]. Indeed, higher BOD5 and CODMn

concentrations measured at this site (where we also observed methane bubbling from the sediment)
may be a concurrent evidence of high saprobity levels in this sector of the lagoon which, in turn, will
severely affect the biota [18]. On the other hand, all other sites of the lagoon showed significantly lower
Chl-a (in water) and TOC (in sediment) concentrations than those found at site F, notwithstanding
seasonal variation, which was not considered here, during phytoplankton blooms [34]. Interestingly,
our results are consistent with those reported by Sun et al. [33] who found spatial variation in Chl-a
and TOC to be greater in highly urbanized watersheds such as Yundang Lagoon, than in less urbanized
watersheds. Overall, our study demonstrates that at the time samples were taken for this study (2012),
the Yundang Lagoon had much lower nutrient, BOD5, and CODMn concentrations than those found in
previous decades [29], supporting the inference that a partial, but significant environmental recovery
has occurred.

The overall improvement of the environmental condition of the Yundang Lagoon was reflected
in a major recovery and revitalization of the lagoon’s soft-bottom benthic assemblage during the
last decade. Following anoxic and azoic sediments found when the lagoon was highly polluted and
closed to the adjacent coastal waters until 1987 [29], a single polychaete species, Neanthes succinea,
typical of organically enriched sediments with high H2S content [14,48], was reported during the
first phase of the restoration program (1989−1992). Between 2001 and 2008, nine species started to
colonize the lagoon’s sediments [43]. Among them, the opportunistic polychaetes Capitella capitata
and Neanthes glandicincta, typical of muddy, organically enriched sediments were dominant, while
they occurred with few individuals in our study. These results show a significant recovery of the
macrozoobenthic assemblages for the first time, with a marked increase in species richness and diversity,
yet a heterogeneous distribution across the lagoon. Of the 43 species found, eight were dominant
(accounting for 93% of the total abundance), mainly represented by mollusks and amphipods, and
including the polychaete Cossurella dimorpha which was not reported previously. Overall, the most
dominant species was the bivalve Dreissenidae Mytilopsis sallei, an invasive alien species native to the
Caribbean and a massive component of fouling events [49,50]. M. sallei was transported to China via
ballast waters, and was first recorded in Xiamen waters (Maluan Bay) in 1990 and in the Yundang
Lagoon in 2000 [51–53]. In a basin as small as the Yundang Lagoon, one may expect little spatial
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variation in the soft-bottom benthic assemblages. However, our extensive sampling effort allowed us
to identify significant variation in the macrozoobenthic assemblages within relatively short distances
of a few hundred meters. A number of environmental and biological factors may help explaining
the high spatial variability and the recovery of the macrozoobenthic assemblages in the Yundang
Lagoon. These are: (1) the heterogeneous morphology and the peculiar hydrology of the lagoon,
including the daily water exchange with the adjacent coastal sea, (2) the high environmental variability
in water and sediments across the lagoon, (3) the presence of nonpoint sources of pollution and other
anthropogenic pressures, and (4) the dominance of the invasive M. sallei and the biotic interactions
within the benthic community. Thus, the present work represents a unique case-study to evaluate the
complex dynamics of macrozoobenthic assemblages in a formerly dead urban coastal lagoon following
long-term restoration.

As an example, sites A and B in the outer sector of the lagoon, although similar in several
environmental features and, thus, significantly different from the other sites, were the least similar
to one another in terms of benthic species composition, richness and diversity. In particular, site A
was the most abundant, biomass-rich, and species-rich site in the lagoon, while the opposite was true
for site B, which had a species richness and diversity as low as that found at the most degraded site,
F. We infer that such biotic differences between sites A and B may be related to their position within
the outer sector of the lagoon. In particular, site B was located near the heavily modified shoreline
made by a concrete wall, following earlier dredging and reclamation, which may have left little of the
historic ecohydrological system on this site of the lagoon. This may have contributed to determine a
poor macrozoobenthic assemblage which included few species typical of muddy sediments, such as
Cossurella dimorpha, Corophium sp. and Gammaropsis sp. On the other hand, site A was located closer to
the shoreline where mangrove species, such as Kandelia candel, Avicennia marina, Rhizophora stylosa, and
Heritiera littoralis, had been successfully planted from 2001 to 2006 [54], contributing to increases of
birds and fish species in the lagoon [29]. It is likely that the presence of mangroves along this shore has
favored the colonization of the invasive fouling species M. sallei. This bivalve was associated with the
richest benthic assemblage of the lagoon, correlating with the highly diverse assemblages found at
site A which also included species typical of mangrove habitats such as R. plicatula and S. glabra. The
diversity of the site was also seen in Corophium uenoi, which lives within muddy tubes on soft bottom
sediments, but is also present in the fouling community, and P. tsurumaru, which is typical of muddy
sediments and possibly shares the burrow of holothurian or crabs (commensal). On the contrary, the
innermost site F had the most impoverished assemblage, consistent with its degraded condition in
both water and sediments. Yet, M. sallei was also found at one station at this site, providing evidence
of its high resistance and resilience, and its ability to settle when a substrate is available, owing to
the characteristic traits of opportunistic r-strategists [49,50]. The apparently random distribution of
M. sallei, heavily colonizing some sectors of the lagoon, was also indicated by its dominance at site
C, where environmental conditions were intermediate between the outer (sites A and B) and the
innermost (site F) sectors. This indicates that, in addition to the environmental factors, species-specific
biological interactions should be considered to evaluate the complex dynamics that occur within a
benthic assemblage.

Our results suggest that M. sallei, known as an invasive ecosystem engineer that creates new
habitats and favors the settlement of other species [55], may support a rich and diversified community.
In particular, in the present study M. sallei was associated with the highest number of species having
different biological traits (e.g., fouling, parasite and commensal) and typical of different habitats
(e.g., muddy sediments, mangroves). Among them, S. glabra, an IUCN threatened species [56] in
need of protection measures, and P. tsurumaru which is known to establish symbiotic relations with
other species [57]. Nevertheless, M. sallei is also well known as a pest species characterized by wide
temperature, salinity, and oxygen tolerances, as well as a fast growth-rate and a high fecundity which
may favor competition with native species and inhibit the growth of other species [49]. As an example,
an experimental field study on the fouling macrofauna associated with M. sallei conducted in the
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Yundang Lagoon showed a reduction in species diversity in summer when environmental conditions
worsened, but the density and biomass of both M. sallei and fouling macrofauna were highest [52].
Furthermore, M. sallei is known to erode fishing facilities and artificial structures leading to ecosystem
damage, economic loss, and inconvenience to locals [53], thus, its spatial and temporal variation should
be carefully monitored.

With regards to the spatiotemporal evolution of the macrozoobenthic assemblages in the Yundang
Lagoon, one possibility is an even more massive colonization of the lagoon by M. sallei as the most
dominant species. The successful establishment of M. sallei in the Yundang Lagoon may prefigure a
wider, yet probably overlooked colonization of this species as a structural component of the benthic
assemblages in other Chinese coastal waters and lagoons for which information is very scant [53]. A
similar colonization process occurred in the Mediterranean Sea during the first half of the last century
by Serpulidae Ficopomatus enigmaticus which is now a typical bioengineer species in Mediterranean
lagoons [58–60]. However, after a period of dominance, M. sallei may decrease in dominance or even
be replaced by other species typical of sessile fouling, such as S. plicata. A similar alternation of species
has been found between the mussel Mytilus edulis and the polychaete Sabellaria spinulosa along the
eastern Atlantic coast, and in the Mediterranean Sea between M. galloprovincialis and the extensive
bioconstructions of S. spinulosa along the Italian Puglia coast [61,62].

5. Conclusions

The present study highlighted the central role of soft-bottom macrozoobenthic assemblages
and associated water and sediment variables in assessing the environmental status of the Yundang
Lagoon following the massive restoration effort conducted over the past 30 years. We believe that the
macrozoobenthos, which greatly contributed to the lagoon’s recovery, will also have a future role in
the evolution of the lagoon’s biodiversity and functioning, especially considering the dominance of
invasive alien species. In particular, the presence of M. sallei as a dominant species may be of concern
for its possible role as a pest species, thus its spatiotemporal evolution should be carefully monitored.
Our results provide valuable, data−based knowledge of the environmental quality, as well as early
warning, detection, and prevention of any invasion process in the Yundang Lagoon, an area of special
relevance for current legislation. Overall, the environmental and biological information gathered in
the present study provides insights relevant to both the activities carried out within the long-term
integrated management program, and the forecast of possible future ecological scenarios for the lagoon.
As such, these results can support the local administration as they strive towards proper management
of the lagoon and the restoration of the ecosystem services that this urban water body may provide.
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Abstract: The Water Framework Directive (WFD) requires Member States to assess the ecological
status of water bodies and provide an estimation of the classification confidence and precision.
This study tackles the issue of the uncertainty in the classification, due to the spatial variability
within each water body, proposing an analysis of the reliability of classification, using the results of
macrophyte WFD monitoring in the Venice Lagoon as case study. The level of classification confidence,
assessed for each water body, was also used as reference to optimize the sampling effort for the
subsequent monitorings. The ecological status of macrophytes was calculated by the Macrophyte
Quality Index at 114 stations located in 11 water bodies. At water body scale, the level of classification
confidence ranges from 54% to 100%. After application of the multi-approach (inferential statistics,
spatial analyses, and expert judgment), the optimization of the sampling effort resulted in a reduction
of the number of stations from 114 to 84. The decrease of sampling effort was validated by assessing
the reliability of classification after the optimization process (54–99%) and by spatial interpolation of
data (Kernel standard error of 22.75%). The multi-approach proposed in this study could be easily
applied to any other water body and biological quality element.

Keywords: Macrophyte Quality Index (MaQI), transitional waters; uncertainty analysis; confidence
interval; Kernel standard error

1. Introduction

The Water Framework Directive (WFD) [1] is a framework by European Commission that requires
Member States to monitor each relevant biological quality element (BQE) in order to assess the
ecological status of each water body (WB), which represents the classification and management unit
of the WFD [2]. Macroalgae, phanerogams, macroinvertebrates, and fish faunal are the BQEs to be
evaluated for the assessment of the ecological status of European transitional WBs under the WFD.
In addition to BQEs, the physicochemical and hydromorphological supporting elements contribute
to the ecological classification, confirming or not the classification provided by the BQEs. Biological
monitoring results have to be expressed as ecological quality ratios (EQRs), by comparing sampled
data with those equivalents from undisturbed or minimally disturbed reference sites. Depending on
the scale of deviation from reference conditions, the EQR range is divided into five status classes: High,
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good, moderate, poor, and bad. The most important distinction is between good and moderate status:
the first is defined as a “slight deviation from reference condition”, whilst the latter is a “moderate
deviation from reference conditions”. When the quality status is less than good, Member States/River
Basin District Authorities must adopt a plan of measures to improve a WB until good status is
achieved [1,2].

The WFD also requires all Member States to provide information about the estimation of the
confidence interval and precision attained by the monitoring system used in their classification [1]
(Annex V). As the critical good/moderate boundary can require expensive remedial measures to
be included in the River Basin Management Plan, it is important that water body monitoring and
management organizations estimate the confidence to which an individual WB can be assigned to
an ecological status class [3]. The biological, physical, and chemical data from current monitoring
programs underlie large sources of uncertainty, which can be partitioned into spatial variations,
temporal variations, sampling, and analytical errors, in addition to the uncertainty introduced by the
classification system, especially by the reference conditions [4]. Some authors proposed assessment
systems based on statistical principles to provide information on the level of confidence and precision
of monitoring program results, focusing on field sampling variability and laboratory procedures and
protocols [3–7]. Mascarò et al. [8] investigated the sources of variability associated with sampling
design of a selection of macrophyte-based (both macroalgae and seagrasses) monitoring programs and
observed that uncertainty is mainly affected by spatial variation. The authors consequently suggested
that spatial uncertainty analyses be performed to optimize sampling strategy and to improve the
reliability of classification of ecological status [8].

The MaQI (Macrophyte Quality Index) is the macrophyte index adopted by the Italian Law (Italian
Ministry decree 260/2010) in agreement with the WFD requirements for ecological classification in
transitional waters, and it was successfully intercalibrated in the framework of the WFD intercalibration
exercise [9]. The MaQI was applied to assess the ecological status by macrophyte assemblages in the
Venice Lagoon, Italy’s largest wetland and one of the most important coastal ecosystems in the whole
Mediterranean basin [10–12]. During the first cycle of the WFD operational monitoring, 114 stations
were monitored in the Venice Lagoon. The ecological status classification of the Lagoon, resulting
from the above monitoring, has been adopted by Veneto Region as published as Decision n. 140/2014
in the first revision of the Management Plan of the hydrographic district of the Eastern Alps [10].
However, for subsequent assessments, due to limitations of budget, optimization of the monitoring
strategy was needed. Reducing monitoring efforts is a common consequence of cuts in government
spending, adopted by many countries to save money in order to face the current global crisis [13].
Therefore, the balance between sampling effort and classification confidence becomes a critical issue in
implementing the WFD [14,15].

In this context, the aim of this study was first to assess the reliability of ecological status
classification in transitional waters, using results from monitoring of macrophyte assemblages in the
Venice Lagoon, as a case study. Then, a multi-approach method to optimize the monitoring strategies
minimizing both sampling effort and risk of misclassification was proposed, based on inferential
statistical principles, geostatistical analyses, and expert judgment.

2. Materials and Methods

2.1. Study Area

The Venice Lagoon is a shallow water body of about 550 km2, located in the north-eastern part of
Italy (Figure 1). It has an average depth of approximately 1.1 m, and it is characterized by a variety of
aquatic and terrestrial habitats, such as canals, shoals, salt-marshes and islands [16]. According to the
WFD, the Venice Lagoon is a large coastal microtidal lagoon, divided into 11 natural WBs and 3 heavily
modified WBs [10]. In 2011, during the first cycle of the WFD Operational Monitoring, 114 stations,
spread within the 11 natural WBs of the Venice Lagoon, were sampled to assess the ecological status
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by macrophyte assemblages (Figure 1). The dataset analyzed during the current study is available
online at Environmental prevention and protection agency of Veneto Region (ARPAV) web portal [17].
For the classification of the BQE macrophytes, the MaQI [9] was used.

Figure 1. The Venice Lagoon map with its morphological and hydrological characteristics, and the
WFD (Water Framework Directive) MaQI (Macrophyte Quality Index [8]) classification in 2011.
Names of water bodies (WBs) are indicated in uppercase bold characters; place names are in lowercase.
Final assessment of each WB is labeled like for stations: blue for high, green for good, yellow for
moderate, orange for poor, red for bad status classes.

2.2. Reliability of Classification at Water Body Scale

The classification of the macrophyte assemblage at WB scale was obtained by averaging the MaQI
EQRs of all stations within each WB (j).
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First, the confidence interval (L) was also calculated for each WB (j) by the following formula:

Lj = tNj−1,α/2

Sj
√

Nj
(1)

where tNj−1,α/2 is the critical value of the t-student distribution for the confidence level 1−α (two tiled
distribution); Sj is the standard deviation of the EQRs within each WB; Nj is the number of stations
within each WB. In this study, the confidence intervals were stated at the 95% confidence level (α = 0.05).

The L value provides an overall view of the confidence of the mean EQRs, but it does not take
into account the closeness of the face value to the class boundaries, being independent from the
WFD classification system. Therefore, the reliability of the classification was assessed in terms of
probabilities that the observed ecological status classification (sample mean) lies within the right
class. The cumulative probability that the actual (population) mean value of MaQI fell in each status
class was assessed by t-student distribution. Data normality was tested by the Kolmogorov–Smirnov
test whilst the absence of autocorrelations was verified by variogram analyses and Moran’s test of
autocorrelation. Classes were identified by the WFD boundaries reported by the Italian Ministry decree
260/2010 (high/good = 0.8, good/moderate = 0.6, moderate/poor = 0.4, poor/bad = 0.2). The confidences
related to the critical boundary good/moderate were also calculated by the sum of probability of classes
being lower/higher than good.

Statistics were carried out using the R software [18].

2.3. Optimization of Sampling Effort

2.3.1. Statistical Approach

The relationship between the sampling effort (N of stations) and the classification confidence
(confidence interval “L” and level “α”) was investigated by the following equation applied to each WB
of the Venice Lagoon:

N = tNj−1,α/2
2 Sj

2

L2 . (2)

Three scenarios with different L values were investigated. The first two L values were selected
considering the relationship between the width of the confidence interval, the distance between the
class boundaries, and the maximum error of classification. Italian normative (Italian Ministry Decree
260/2010) provides equidistant boundaries for MaQI EQR (bad/poor = 0.2; poor/moderate = 0.4;
moderate/good = 0.6; good/high = 0.8), therefore the width of the classes is 0.2. As a consequence,
L = 0.1 (L0.1) entails a maximum error of one ecological class at only one direction (1st scenario),
whilst L = 0.2 (L0.2) entails a maximum error of one ecological class at both directions (2nd scenario).

Finally, the mean confidence interval (Lmean) was calculated as average L of all WBs and applied
to each WB (3rd scenario), in order to obtain a more consistent (homogeneous) classification confidence
between WBs within the Venice Lagoon.

2.3.2. Expert Judgment Criteria

Starting from the three above-mentioned statistical scenarios, a two-step expert judgment analysis
was applied to define the final optimization of monitoring effort (number of stations), based on level of
confidence and hydromorphological features.

First of all, a suitable L value (Lopt) was defined in order to ensure higher homogeneity between
WBs with an acceptable minimum level of reliability. Accordingly, to calculate N by Equation (2) for
each WB, the following rules were adopted:

(a) If Lmean < Lj < 0.2 (i.e., maximum error of one ecological class at both directions), then Nnew =Nold;
(b) If Lj > 0.2, then Equation (2) is calculated with Lopt = 0.2;
(c) If Lj < Lmean, then Equation (2) is calculated with Lopt = Lmean.
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The risk of misclassification in relation to the critical boundary G/M was also considered.
Finally, the whole dimension and the hydrological and morphological heterogeneity within each

WB were also taken into account, to avoid an oversized number of stations in small WBs or, vice versa,
an excessive reduction in large WBs. Table 1 summarizes the elements considered for each WB of the
Venice Lagoon.

Table 1. Dimension and hydrological and morphological characteristics considered for each water
body (WB) during the optimization of the monitoring sampling effort of the Venice Lagoon.

WB Whole Dimension (km2) Hydrological and Morphological Characteristics (dimension, km2)

EC 49.10 salt-marshes (4.17), canals (0.54)
ENC1 134.71 salt-marshes (6.08), canals (20.62)
ENC2 20.15 salt-marshes (0.34), canals (10.14)
ENC3 4.48 canals (2.09)
ENC4 26.75 canals (2.64)
PC1 27.64 salt-marshes (6.44), canals (3.41)
PC2 50.44 salt-marshes (0.87), canals (3.95)
PC3 10.04 salt-marshes (2.28), canals (1.08)
PC4 21.05 salt-marshes (0.81), canals (2.98)

PNC1 32.93 salt-marshes (1.48), canals (3.17)
PNC2 31.53 salt-marshes (3.44), canals (2.68)

2.4. Validation Method

2.4.1. Reliability Assessment

First, the reliability of classification related to the critical boundary good/moderate was recalculated
for each WB using the dataset obtained from the optimization process. The analyses were carried out
as reported in Section 2.2 by calculating the cumulative probability of Student’s t-distribution.

2.4.2. Spatial Analyses

To estimate the error in the sampling effort reduction, spatial interpolations of the two (original
and reduced) monitoring networks of the whole Venice Lagoon were performed by Kernel interpolation
with barrier available in the ArcMap toolbox of ArcGIS Desktop 10.1 (http://esri.com). Barriers were
represented by islands and salt-marshes (Figure 1). Exponential equations were used during the
regression analysis as Kernel function, while the other parameters were optimized by default in
ArcMap. Mean prediction errors and root-mean-square errors (cross-validation) were calculated to test
the interpolation maps obtained. The relative error (RE) reduction was computed by the modified
formula reported by [19]:

RE(%) =
KBSEoriginal −KBSEreduced

KBSEoriginal
× 100 (3)

where KBSEoriginal and KBSEreduced are the Kernel standard error of the MaQI network of 2011 (original)
and the new one (reduced), respectively.

Finally, for each WB, the ecological classes resulted by the original network and the reduced one
were also calculated by averaging the interpolated EQR values of all Kernel interpolation grid cells.
The significance of the differences between the two networks were tested using Student’s t-test.

3. Results

3.1. Reliability Assessment

The probability that the actual mean value of MaQI EQRs fell within each of the five WFD classes,
assessed by the Student’s t-distributions; MaQI EQRs and status classifications; confidence interval
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(Lj), computed by Equation (1); and the cumulative probability related to the critical boundary G/M are
shown for each WB in Table 2.

The Venice Lagoon mean L value (Lmean) used for the following analyses was 0.109.
The WB ENC3 was left out from analyses because of its very small surface, its urban features,

and the low number of stations (N = 3) that affected the meaning of statistical elaborations.

Table 2. MaQI (Macrophyte Quality Index) status class results, confidence, and reliability of classification
of each WB (water body) of the Venice Lagoon.

WB
MaQI EQRs

(mean ± st. dev.)
MaQI

Classification

Classification
Confidence (Lj)

Classification Reliability (%)
Probability to
be Less than

Good (%)

Bad Poor Moderate Good High

EC 0.408 ± 0.236 Moderate 0.143 0.45 44.99 53.89 0.67 0 99.33
ENC1 0.715 ± 0.280 Good 0.113 0 0 2.28 90.95 6.77 2.28
ENC2 0.479 ± 0.293 Moderate 0.271 2.27 22.94 59.05 14.37 1.37 84.26
ENC4 0.520 ± 0.250 Moderate 0.179 0.14 8.00 74.99 16.56 0.31 83.13
PC1 0.317 ± 0.071 Poor 0.054 0.06 99.56 0.38 0 0 100
PC2 0.350 ± 0.104 Poor 0.066 0.02 93.71 6.27 0 0 100
PC3 0.300 ± 0.055 Poor 0.057 0.33 99.34 0.33 0 0 100
PC4 0.307 ± 0.053 Poor 0.049 0.09 99.72 0.19 0 0 100

PNC1 0.314 ± 0.067 Poor 0.045 0.01 99.9 0.09 0 0 100
PNC2 0.270 ± 0.160 Poor 0.115 10.02 88.46 1.52 0 0 100

3.2. Optimization of Sampling Effort

The number of stations (N) resulted by the application of the statistical approach (Equation (2)) with
the three scenarios (i.e., considering L = 0.1, L = 0.2, and L = Lmean) changed from 111 (2011 sampling)
to 169 (L = 0.1), 54 (L = 0.2), and 147 (L = Lmean), respectively (Table 3). After emendation by the two
steps of expert judgment, following criteria described in Section 2.3.2, 81 stations were proposed for
future monitoring.

Table 3. Results of the application of the statistical approach and expert judgement criteria to optimize
the sampling effort in the MaQI (Macrophyte Quality Index) monitoring program of the Venice Lagoon.

WB Noriginal
Statistical Approach Expert Judgment Criteria

NL = 0.1 NL = 0.2 NL = Lmean NL = Lopt Nnew

EC 13 26 7 22 13 (a) 13
ENC1 26 33 8 28 26 (a) 21
ENC2 7 51 13 43 13 (b) 7
ENC4 10 32 8 27 10 (a) 10
PC1 9 3 3* 3* 3 (c) 6
PC2 12 5 3* 4 4 (c) 4
PC3 6 2 3* 3* 3 (c) 3
PC4 7 2 3* 3* 3 (c) 3

PNC1 11 2 3* 3* 3 (c) 5
PNC2 10 13 3 11 10 (a) 9

Total 111 169 54 147 88 81

Keys: ‘Noriginal’ = original number of stations sampled in 2011, ‘NL = Lmean’ = number of stations resulted by
Equation (2) with Lmean (0.109), ‘NL = Lopt’ = number of stations resulted by Equation (2) with a suitable L value (Lopt)
deriving from rules (a), (b) and (c), ‘Nnew’ = number of stations considering also elements of Table 1, ‘3*’ = a default
N of 3 was given, when the application of Equation (2) resulted as N < 2, since standard deviation tends to be zero.

Briefly, no modifications of the number of stations were made to EC and ENC4 as their Lj values
(0.143 and 0.179, respectively) were higher than Lmean but lower than 0.2 (rule (a)).

Rule (c) was strictly adopted at PC2, PC3, and PC4 since their L values (0.066, 0.057, and 0.049,
respectively) were lower than Lmean. Accordingly, the four stations to be maintained at PC2 were
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selected on the basis of the presence of salt-marshes and the small canals, which characterize the
WB; the three stations deleted at PC3 were chosen from those on the most southern part of the WB,
where several restoration activities, such as the construction of artificial salt-marshes, are underway to
replace shallow waters available just before; and finally, the three stations maintained at PC4 were
those mostly located in the middle of the WB.

The other WBs needed the expert judgment as following. A small or no reduction of monitoring
effort was done for ENC1, ENC2, PC1, PNC1, and PNC2 due to their dimensions (Table 1), habitat
heterogeneity (Table 1 and Figure 2), and their reliability of the classification (Table 3). Accordingly,
five stations with spatially redundant information were deleted at ENC1, the largest WB of the Venice
Lagoon, with several canals and two Lagoon inlets (Malamocco and Chioggia) and 97.7% of probability
to be good or more. No modifications were done at ENC2, due to its very small dimension and high
reliability of classification (84.3% of probability to be less than good). Regarding PC1, three stations were
not considered to be sufficient to correctly represent, since it consists of large expanses of salt-marshes,
the Dese river mouth, and several small canals that divide it mainly into four areas. No modifications
were made for PNC1, which is located between the industrial area of Porto Marghera and the city of
Venice; it is quite homogenous (Lj = 0.045), but it is separated into five sections by the presence of six
canals. The morphological characteristics of PNC2 are quite similar to PNC1 with the airport of Venice
on the north-west side and Murano and Sant’Erasmo islands on the south-east side. Considering its
high reliability of the status classification (100% less than good), one station, located in the middle of
the WB, was deleted. Finally, a special approach was adopted for ENC3, which was excluded from the
optimization process because no more than three stations could be sampled there, due to its very small
dimension, the presence of Chioggia island in the middle of the WB, and the proximity to the Lagoon
inlet of Chioggia.

After application of the optimization process, the final number of stations established for the
subsequent monitoring programs of the 11 natural WBs (including 3 stations of ENC3) of the Venice
Lagoon was 84 (Figure 2).

3.3. Validation Process

The classification reliabilities resulted with the reduced network and comparisons with the MaQI
network of 2011 (original network) are shown for each WB in Table 4. The change in probability that
the quality status calculated with the reduced network is less than good and differences with the 2011
MaQI network are also reported.

45



Water 2019, 11, 1572

 

Figure 2. MaQI (Macrophyte Quality Index) network of 2011 (MaQI stations 2011) and the new network
(new MaQI stations) with reduced number of stations by the multi-approach application. Crossed
stations are those deleted.

Table 4. Reliability of classification of each water body (WB) of the Venice Lagoon after the optimization
process (new network) and comparison with the original monitoring network results.

WB

Number of Stations Classification Reliability (%)
Probability to be Less than

Good (%)

Reduced
Network

Differences from
the Original

Network

Reduced
Network

Differences from
the Original

Network

Reduced
Network

Differences from
the Original

Network

EC 13 0 53.89% Moderate 0 99.33 0
ENC1 21 −5 86.59% Good −4.36 2.94 0.66
ENC2 7 0 59.05% Moderate 0 84.26 0
ENC4 10 0 74.99% Moderate 0 83.13 0
PC1 6 −3 96.41% Poor −3.15 99.98 −0.02
PC2 4 −8 96.35% Poor 2.64 99.92 −0.08
PC3 3 −3 89.9% Poor −9.44 99.34 −0.66
PC4 3 −4 89.9% Poor −9.82 99.34 −0.66

PNC1 5 −6 98.61% Poor −1.29 99.99 −0.01
PNC2 9 −1 82.88% Poor −5.58 99.99 −0.01

Figure 3 shows the two maps produced by Kernel interpolation with barrier for the MaQI network
of 2011 and the new one, respectively. Prediction errors are reported in Table 5. From Equation (3),
an RE of 22.75% resulted.

Comparisons (Student’s t-test) between status classifications of each WB before and after the
reduction of sampling effort are reported in Figure 4. To test the differences, values were extrapolated
from each Kernel interpolation map.
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Figure 3. Kernel interpolation maps for (a) the MaQI (Macrophyte Quality Index) network of 2011 and
(b) the new one with reduced station of 2011 from 114 to 84.

Table 5. Regression functions and prediction errors resulted by Kernel interpolation with barrier for
the MaQI network of 2011 (original network) and the new one (reduced network).

Original Network (N = 114) Reduced Network (N = 84)

Mean prediction error 0.000047 0.005881
Root-mean-square error 0.213 0.189
Average standard error 0.234 0.190

Figure 4. Box plots of water body values resulted by the two Kernel interpolation maps of the original
(Orig.) and reduced (Reduc.) networks. Results of Student’s t tests are also given (n.s. = not significance,
p > 0.05; * = p < 0.05; ** = 0.5 < p < 0.01; *** = 0.01 < p < 0.001). Note: blue line (first from the top) is the
high/good boundary, green line (second from the top) is the good/moderate boundary, orange line (third
from the top) is the moderate/poor boundary, red line (fourth from the top) is the poor/bad boundary.
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4. Discussion

In this study, an analysis of reliability of the ecological status classification resulted by monitoring
macrophyte assemblages according to the WFD in the Venice Lagoon was proposed and discussed in
relation to monitoring effort review.

Previous theoretical studies proposed mixed models to estimate uncertainties in monitoring data,
considering numerous different sources of variation that could affect an indicator, from the uncertainty
related to sampling and analysis, to spatial and temporal variations and their interactions. However,
when real data were considered, if some sources of uncertainty were small, they were disregarded by
analysis [20–26]. In the current study, temporal variations were not considered, as the application of
the MaQI index foresees to merge both spring and autumnal data collected in the year of monitoring,
avoiding contribution from intra-annual variations to uncertainty [9]. Uncertainties associated with
sampling and analysis methodology were excluded as the same laboratory staffwas involved in the
whole campaign at all activities, strictly following national protocols. Accordingly, only spatial variations
were considered, also taking into account the practical need to reduce monitoring effort. However,
when uncertainty is estimated from a larger dataset, pooling observations from multiple ecosystems
with similar characteristics, with several spatial, temporal, and analytical method variations, it might
be desirable to quantify every component at different scales [3,22]. In addition, as soon as data from
subsequent monitoring cycles are available, inter-annual variability may also be assessed [7,24–26].

In the current study, the reliability of classification was assessed in terms of probabilities that the
observed ecological status classification (mean value at WB scale) lies inside the right class, i.e., inside
the class assigned from the index. Spatial variations were estimated by the confidence interval: higher
values resulted at ENC2, a small WB characterized by high hydromorphological, and pressure gradient
from Lido inlet to Venice island. Lower values were mostly observed at polyhaline WBs (annual mean
of salinity< 30), such as PC1, PC2, and PC3, which are mainly characterized by lower internal ecological
variability. By Student’s t-distribution, the probability that the actual mean value of MaQI EQRs of
each WB fell within each one of the five WFD classes ranged between 53.9% and 99.6%. However,
it should be considered that the confidence interval itself is not sufficient to determine the risk of
misclassification. The uncertainty is in fact determined both by the width of the confidence interval
and by the proximity of the mean to the class boundary and in particular to the critical threshold
good/moderate. Anyway, considering the critical good/moderate boundary, which is important for
making decision about measures by governments, results highlighted a satisfactory reliability of the
WFD MaQI classification of 2011 (83–100%).

From results of the estimation of confidence, it was possible to investigate where a reduction of the
monitoring network effort could be allowed, avoiding excessively increasing the risk of misclassification.
Recent studies proposed, for monitoring programs assessing status of WBs, to identify the optimal
allocation of samples in time and space, through the quantification of the different uncertainty
components affecting monitoring data [22,23]. As reported above, in this study, the main factors
affecting the reliability of MaQI results were spatial variations, therefore changes focused only on the
number and location of sampling stations.

Again, statistical principles offer relatively simple and suitable tools to address the optimization of
sampling effort, providing a quantitative and objective assessment of the impact of sampling strategy
on the risk of misclassification. On the other hand, results of statistical analysis require a careful
analysis before their application and the operative choice is likely to benefit from including a final
revision by expert judgment. Indeed, this study highlighted as the purely statistical approach, based on
the amplitude of the interval of confidence, could lead to not-applicable or meaningless results.
For instance, according to the first scenario (L = 0.1), to reduce the L value of the WB ENC2 from 0.27 to
0.1, the number of stations should increase from 7 to 51. Considering that the sampleable area of ENC2
is about 10 km2, it means five stations per km2, an effort unachievable in the framework of Institutional
monitoring and far away from the concept of “optimization”. Under scenario L = 0.1, more than one
station per km2 would be also required within WB ENC4, and similar issues of incoherence, in case

48



Water 2019, 11, 1572

of the strictly application of statistical approach, are observed in the scenario L = Lmean. Conversely,
the application of the second scenario (L = 0.2) resulted in very little restriction for some large WBs,
especially those with lower standard deviations. For instance, under this scenario, the number of
stations within the WB ENC1 decreased from 26 to 8 (1 station for 13.5 km2). All these evaluations are
obviously linked to real data. However, there could be contexts where statistical results are confirmed
even after expert judgment.

Accordingly, a revision process by expert judgment is essential. Intrinsically, the expert judgment
is difficult to standardize and it introduces subjectivity into the evaluation. Therefore, it is crucial to
guarantee maximum transparency on the followed criteria and later provide an objective estimation
(validation) of the impact of the choices. In this study, the expert judgment followed the criteria
described in Sections 2.3.2 and 3.2, and it aims (i) to homogenize the reliability of classification between
WBs, (ii) to ensure for all WBs a minimum efficient reliability, (iii) to ensure a high reliability of the
status classification regarding the critical boundary good/moderate, and (iv) to consider other particular
elements of each WB such as dimensions, and hydrological and morphological characteristics.

To ensure the validation process, spatial interpolation of data was performed. Geostatistical
techniques are based on the hypothesis that nearer observations are more similar to one another than
to distant observations, and therefore allow you not only to insert new points where knowledge is
more approximate, but also to eliminate others in those where they are redundant [27]. Furthermore,
mathematical variogram models could assess the reductions of sampling effort by interpolations.
Previous attempts to validate optimal locations of monitoring networks were performed adopting
specific variogram models, such as in ordinary Kriging or Bayesian maximum entropy, depending
on characteristics of their study areas [19,28]. The Venice Lagoon is a complex transitional area
characterized by a composite mosaic of canals, salt-marshes, mud and sand intertidal flats, shoals,
man-made structures, and islands [29,30]. Accordingly, spatial interpolations of the MaQI EQRs were
performed by applying Kernel interpolation with barrier. The choice of this model, rather than others,
was made in order to obtain interpolations of data which reflect the morphology of the Venice Lagoon,
therefore with the presence of breaklines. Cross-validation results of both interpolations confirmed the
right choice of the model, as mean prediction errors tended to be zero and quite small root-mean-square
errors were observed. Moreover, both mean prediction errors resulted positive, which indicated that
both models slightly overestimated the data [31], with relatively better results in the MaQI network of
2011 rather than in that reduced. To quantify the relative error of the reduced MaQI network, standard
errors of the two interpolations were related by the formula of [19] modified using Kernel standard
errors instead of Kriging.

In summary, results of the monitoring effort review of the WFD MaQI network of the Venice
Lagoon showed a relative error of 22.7%, which can be considered acceptable taking into account
the total reduction of stations of 26.3%. To evaluate the optimization process, Adhikary et al. [19]
reported values below 30% as acceptable as considering the zero trend as a criterion. In order to obtain
a more objective assessment, we performed a further check to validate the optimization process. As the
aim of this study was also to avoid risk of misclassification, we extrapolated, both from the Kernel
interpolation map of the original and the reduced networks, the EQR values of each WB. Then, results
of each WB were tested by Student’s t-test to verify that the reduction had no significantly modified
from the original network. All comparisons did not significantly differ, except for PC1, PC3, and PNC1.
Moreover, the classification results were not affected by the optimization process at all WBs.

5. Conclusions

From the statistical analyses, it appears that the first results of the WFD status classes of the Venice
Lagoon obtained by macrophyte assemblages produced a satisfactory reliability and provided useful
information about estimation of the confidence, which can be useful to management organizations
to optimize resources for remedial measure adoption. Results also allowed proposing a reduction
of the monitoring sampling effort, which definitely affects river basin management costs. For this
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purpose, a suitable multi-approach method based on inferential statistics, spatial analyses, and expert
judgment was applied in this study, in order to review the sampling effort with the aim at ensuring
and keeping on a high reliability of the status classification. Following the approaches described in
this study, an increasing role of expert judgment could be observed: from a clear and strictly statistical
approach based on L values a priori defined by ecological class amplitude, to a mixed method where
Lopt was a posteriori defined for each WB, and resulting stations further emendated taking into account
the site-specific characteristics. However, this study showed that a strictly statistical approach is
obviously objective and standardized, but it could be unachievable with realistic data, since some
results could lead to a waste of resource or vice versa to an excessive reduction of information. For these
reasons, to optimize the monitoring effort, the inferential statistics were applied as a guideline, with the
implementation of criteria arisen from expert knowledge of the area and the problem. Moreover,
a robust process of validation was also proposed and adopted which definitively ensure on spatial
reductions and reliability of information.

Apart from the complex nature of the Venice Lagoon, the multi-approach proposed in this study
could also be applied to any other water body to assess the WFD classification reliability, and to
optimize the monitoring effort to any other area.
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Abstract: The spatiotemporal variation in meiofaunal assemblages were investigated for the first
time in the Cabras Lagoon, the largest transitional system in the Sardinian Island (W-Mediterranean
Sea). Two main environmental (salinity and trophic) gradients highlighted a significant separation
of the three study sites across the lagoon, which were consistent through time. The environmental
variability and habitat heterogeneity of the Cabras Lagoon influenced the meiofauna. In particular,
salinity and dissolved oxygen, primarily, shaped the meiofaunal assemblage structure at the seaward
site which was significantly different from both the riverine and the organically enriched sites. On the
other hand, the trophic components (e.g., organic matter, Chlorophyll-a, and phaeopigments) and the
different degrees of confinement and saprobity among sites were the secondary factors contributing
mostly to the separation between the latter two sites. The lack of significant differences in the
temporal comparison of the meiofaunal assemblage structure along with the very low contribution
of temperature to the meiofaunal ordination indicated that this assemblage was more affected by
spatial rather than by temporal variation. This pattern was also supported by significant differences
between the three sites in several univariate measures, including total number of individuals,
number of taxa, Pielou’s evenness, and the ratio between nematodes and copepods. Thus, the present
study corroborates the hypothesis that meiofaunal organisms are good indicators of the spatial
heterogeneity in transitional waters (TWs) and could have a greater species richness than that
expected. Indeed, the Cabras Lagoon overall showed one of the highest meiofaunal richness values
found from both Mediterranean and European TWs.

Keywords: biodiversity; spatial variation; sediments; confinement; saprobity; organic enrichment;
coastal lagoons; Mediterranean sea

1. Introduction

Transitional waters, being a continuum between continental and marine ecosystems, represent
areas with high environmental heterogeneity. As such, there is a complex association between abiotic
and biotic components that makes these water bodies ideal to study the distribution and dynamics of
the benthic assemblages with the aim to further our understanding of the ecosystem functioning [1,2].
Lagoons have a historically relevant “social” value because they offer a high biological productivity [3].
For this reason, they host many human activities (i.e., fisheries, aquaculture, agriculture, industry,

Water 2019, 11, 1488; doi:10.3390/w11071488 www.mdpi.com/journal/water53



Water 2019, 11, 1488

and tourism [4]) that, on the other side, have endangered their integrity and ecological quality status
as well [5,6]. Therefore, there is general agreement among the scientific community, which is also
recognized by legislations worldwide (e.g., the US Clean Water Act, European Water Framework
Directive, Marine Strategy Framework Directive, and the National Water Act in South Africa), about the
need to assess their health status and ensure proper management of their resources [4,7].

Meiofauna are small benthic invertebrates that have a well-recognized role in the food webs
of lagoon systems connecting microbial components to higher trophic levels that contributes to the
overall carbon fluxes and organic matter mineralization [8,9]. Because of their high taxonomic diversity,
rapid generation times, lack of larval stages, and various life strategies meiofaunal organisms
are considered excellent bioindicators of natural or anthropogenic stressful conditions [10–12].
However, their role in ecosystems tends to be overlooked, mainly due to the lack of taxonomists and
the small size of meiofauna, which require time and the appropriate techniques for their study [13].

In the Mediterranean basin, there are more than 100 coastal lagoons, half of which have available
physico-chemical or ecological data in the scientific literature [4]. Among them, the largest amount
of information on meiofaunal spatial pattern is available for the upper Adriatic Sea, including the
Venice lagoon [14–20]. Meiofaunal diversity and assemblage structure are also well-documented
in the southern part of the Adriatic Sea, including the Lesina and Varano lagoons [6,8,17,21–23].
Instead, meiofaunal studies in transitional environments along the Tyrrhenian coast, with the exception
of the Stagnone of Marsala (Western Sicily), are largely lacking [17,24]. Furthermore, most of the
available literature on meiofauna from coastal lagoons takes into consideration the spatial pattern of the
assemblages, while only in a few cases their temporal dynamics is reported [2,8,24–26]. Finally, little is
known on spatiotemporal dynamics of meiofauna in Mediterranean transitional systems characterized
by different physico-chemical gradients related to the riverine inflow, the connection to the sea, and the
organic matter (OM) enrichment of sediments.

Within the Tyrrhenian coast, the Sardinian Island is one of the richest Italian regions in number
and extension of lagoons [27], yet knowledge on meiofaunal composition and distribution in these
systems is absent. In the present study, we describe for the first time the spatiotemporal variation
in meiofaunal assemblages in the Cabras Lagoon, the largest and most complex transitional system
in the Sardinia Island. This lagoon is characterized by a large environmental heterogeneity, with an
increasing salinity along its main longitudinal axis and varying degrees of trophic condition across
the basin [28–30]. For these reasons, it represents a valuable case-study in which to test the general
hypotheses on the meiofaunal dynamics in these highly variable systems. Our main objectives were
to investigate the pattern of spatial variation in meiofaunal diversity and community structure in
relation to the main environmental gradients, and to assess whether this pattern was consistent through
time. In particular, we tested whether spatiotemporal variation could be identified in: (1) the whole
meiofaunal assemblage of the three sites in terms of (i) total number of individuals, (ii) total number
of taxa, and (iii) Shannon diversity (H’) and Pielou’s evenness (J) indices; and (2) the abundance of
dominant taxa, including the ratio between nematodes and copepods. We anticipate that the response
of meiofaunal assemblages to the environmental drivers (both in water and sediments) identified in
the present study will provide one of the few evidences of the importance of meiofaunal studies to
further our understanding of the functioning of Mediterranean lagoons.

2. Materials and Methods

2.1. Study Area and Sampling Sites

The Cabras Lagoon (central-western Sardinia; Figure 1) is the largest lagoon in the Sardinia island,
with a surface area of 22 km2 and a watershed of ~430 km2 inhabited by approximately 38,000 people.
Its main freshwater riverine source is the Rio Mare e Foghe located in the northern sector of the
lagoon, with a minor contribution from the Rio Tanui, southward. The lagoon is connected to the
adjacent Gulf of Oristano only via three narrow creeks that flow into a large channel (“scolmatore”)
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built in the late 70’s, closed in proximity of the lagoon by a 30 cm high dam. In the last two
decades, the Cabras Lagoon has been extensively investigated from various perspectives and using
different approaches, including physical/modeling [31,32], biogeochemical [33,34], biological [35–38],
and ecological [5,39,40]. However, while several studies have been conducted in the Cabras Lagoon
on the macrozoobenthos [28–30,41,42], nothing is known regarding the spatiotemporal variation in
meiofaunal assemblages. In fact, no such studies are available for transitional waters in the Sardinian
Island, one of the richest Italian regions in number and extension of lagoons [27], with only few
examples conducted in fully marine coastal waters [43,44].

Figure 1. Location of the study area (Cabras lagoon, western Sardinia, Italy) and sampling sites (C1, C2,
and C3). Image source: Google Earth.

For the present study, three sites (C1, C2, and C3; Figure 1) were selected along the longitudinal
axis of the Cabras Lagoon, being representative of different environmental (e.g., salinity, confinement,
and sediment grain-size) and trophic (e.g., sediment OM and phytopigments) conditions. Site C1
was located in the northern sector of the lagoon, connected to the main freshwater tributary the Rio
Mare e Foghe. This site was characterized by sandy sediments, low OM content of sediments, and the
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presence of halophytic vegetation (Phragmites sp.) along the shore. Site C2, was located in the satellite
pond of Sali e Pauli and surrounded by halophytic vegetation (Salicornia sp.). This site was highly
confined and characterized by a high OM content of sediments [33]. Biofilm-forming cyanobacterial
strains with extremely growth rates were also found here [45,46]. Site C3 was located in the southern
sector of the lagoon, at the confluence of the three creeks connecting the Cabras Lagoon to the main
channel. This site was characterized by muddy-sandy sediments, limited OM enrichment of sediments,
abundant submerged vegetation (e.g., Ruppia), and a significantly higher hydrodynamics than at the
other sites [47].

2.2. Field Surveysand Sample Treatment

The field surveys were carried out at sites C1, C2, and C3 on 6 July 2010 and 2 February 2011.
At each site and date, water temperature, salinity, and dissolved oxygen (DO) were measured using
portable probes (WTW LF 197 and WTWOxil 197, respectively). Subsequently, sediment samples for the
determination of the water content (Wc) and chemical analysis (OM, chlorophyll-a, and phaeopigment
content) were collected using a manual core (40 cm long, 5.5 cm diameter) gently pushed by hand
into the sediments. Procedural details of sediment collection and chemical analysis are given in the
companion paper by [30].

For the analyses of the meiofauna, six replicates were collected at each site by means of plexiglas
corers (diameter: 3.6 cm) inserted 5 cm in the sediment. These samples were pre-filtered with
magnesium chloride (MgCl2; 80 g L−1) to allow organisms to relax before fixation and facilitate
subsequent taxonomic identification [48]. This treatment appears important because the “soft-bodied”
taxa (e.g., Gastrotricha, Plathelminthes, and Nemertina) usually undergo the major morphological
alterations after fixation and they can remain in good conditions with magnesium chloride treatment.
The sediment samples were then fixed in a solution of pre-filtered seawater containing formalin
buffered with sodium tetraborate Na2B4O7 to reach a pH of ca. 8.2 [49]. The amount of formalin to be
added to the sample to obtain a final concentration of 4% was calculated based on the total volume of
sediment and water present in the sample. A few drops of a Rose Bengal solution (0.5 g L−1) were
added to the sample in order to facilitate the identification of organisms in the sorting phase [50].

2.3. Meiofaunal Analysis

The samples were rinsed with a gentle jet of fresh water through a 0.5 mm sieve to separate the
macrofauna from the meiofauna [48]. They were then decanted, sieved 10 times through a 42 μm mesh
and centrifuged three times with Ludox HS30 (specific density 1.18 g/cm3) [51]. The obtained animals
were then transferred to a “Delfuss” Petri dish with a checkered bottom (200 squares, to make counting
easier), sorted into their major taxa under a Leica G26 stereomicroscope, and counted.

All the values obtained was recalculated as abundance per 10 cm2. The richness (number of major
taxa), Shannon’s diversity, Pielou’s evenness indices (log2) were calculated to describe the structure
of the meiofaunal assemblage. The possible occurrence of anthropogenic impact on the meiofaunal
community was also assessed by the total number of nematodes (Ne) and copepods (Co) computed in
the Ne:Co ratio. This index was proposed by Raffaelli and Mason [52] for the pollution monitoring
with meiofauna. The hypothesis was that the divergent auto-ecological characteristics of these two
abundant and frequent meiofaunal components (the extreme tolerance of nematodes and the high
sensitivity of copepods) might detect the occurrence of human stress in marine sediments.

2.4. Statistical Analysis

Both abiotic and biotic data were used for the data analysis. Water variables were temperature,
salinity, and dissolved oxygen; sediment variables included water content, OM, chlorophyll-a,
and phaeopigments. Biotic data consisted in the abundance of the meiofauna and were used to
construct a taxa-by-site and period matrix. The environmental data variation was represented by
means of box-plots for each variable and each site. The biotic parameters computed were the number
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of taxa (S, taxon richness), the number of individuals per taxa (A, abundance), and the Shannon
(H’, diversity) and Pielou (J, evenness) indices, as well as Ne/Co ratio. These biotic variables were
computed for the three sampling sites C1, C2, and C3, for each replicate and date.

As for multivariate analysis, the non-parametric permutational analysis of variance
(two way-PERMANOVA), based on Bray-Curtis (dis)similarity measures [53] was carried out to
test significant differences of the structure of community among sites (three levels: C1, C2, and C3),
periods (two levels: July and February), and site × period interactions as fixed factors. The data were
log(x+1) transformed before the analysis. The PERMANOVA, based on Euclidean distance, was also
used to test the significant differences of all the biotic univariate measures (i.e., total meiofaunal
abundance, number of taxa, Shannon-diversity, Pielou evenness, and Ne/Co ratio). A log (x+1)
transformation of data was applied only for the total meiofaunal abundance. The significance was
computed by permutation with 9999 replicates. The pairwise comparisons between all pairs of sites
were computed as post-hoc test and the Bonferroni correction procedure was followed to account
for multiple simultaneous correlations [54]. The principal component analysis (PCA), based on
the correlation matrix, was used to explore the faunal variations within the lagoon and periods.
The environmental variables were used to understand the key environmental variables accounting for
the much % of variance affecting the meiofaunal distribution. The multivariate procedure non-metric
multidimensional scaling (nMDS) was used to investigate the differences between the sites; the more
informative environmental variables were added in the analysis to best explain the meiobenthos
structure and they were superimposed in the graph [55]. The meiofaunal major taxa contributing most
to (dis)similarities among the sites were identified using the similarity percentages (SIMPER) test.

3. Results

3.1. Environmental Variables

Among the water variables, both salinity and DO showed increasingly higher values from C1
to C3 (Figure 2), most variation found in salinity at C3 due to large differences between the summer
(27 psu) and winter (3 psu) dates [30]. Differently from salinity, the median of DO was significantly
higher at C3 than at both C1 and C2. Sediment variables had large within- and between-site variation.
In particular, while C1 had low and homogeneous Wc, OM, chlorophyll-a (Chl-a), and phaeopigment
values, C2 was most variable and had the highest peaks and outliers in OM, Chl-a, and phaeopigments
among the three sites. C3 was in an intermediate position, with the medians of all sediment variables
between C1 and C2 (Figure 2).

The PCA showed a clear separation of both sites and dates (Figure 3). C1 data-points were located
on the left-had side of the ordination model (second and third quadrants), while those of C2 were
located on the right-hand side (first and fourth quadrants). C3 was in intermediate position, yet
clearly separated from C1 and C2. The two sampling dates were also clearly distinguishable for each
site, summer and winter data-point being positioned on the upper and lower portion of the model,
respectively. Among the environmental variables, sediment Wc, OM, Chl-a, and phaeopigments were
mostly correlated with PC1, while water temperature and salinity showed the highest correlation with
PC2 (Table 1). This indicates that sites were discriminated on the x-axis by the sediment variables
mostly affected by the trophic features, while on the y-axis they were distributed in relation to the
confinement gradient as indicated by the water variables. The variance explained by the model was
46.1% and 23.5% for PC1 and PC2, respectively.
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Figure 2. Mean values (n = 4, ±SE) of water salinity and dissolved oxygen (DO) concentration, and
mean values (n = 12, ±SE) of sediment water (Wc), phaeopigment (Pha), organic matter (OM), and
chlorophyll-a (Chl-a) contents at the sampling sites C1, C2, and C3 during the study period.

Figure 3. Principal component analysis (PCA) on environmental variables.
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Table 1. Component correlation coefficients in the PCA of the environmental variables and the first two
components. 69.6% of variance explained by Principal Components 1 (46.1%) and 2 (23.5%). In bold,
the highest loadings.

Variable PC 1 PC 2

Temperature 0.17 0.71

Salinity 0.24 0.59

Dissolved oxygen 0.004 −0.12
Water content 0.49 −0.27
OM 0.50 −0.22
Chlorophyll-a 0.47 0.06
Phaeopigments 0.45 −0.12

3.2. Meiofauna

A total of 16 meiofaunal taxa were found: Plathelminthes, Nemertina, Nematoda, Kinorhyncha,
Bivalvia, Polychaeta (adults and nectochaetes), Oligochaeta, Copepoda (adults and juveniles),
Ostracoda, Amphipoda, Cladocera, Isopoda, Tanaidacea, Insecta, Halacaroidea, and Pycnogonida.
The dominant taxa were generally nematodes (from 41% at C2 in winter 2011 to 86% at C3 in summer
2010), copepods (from 4% at C3 in summer 2010 to 33% C3 in winter 2011), and ostracods (from 0% at
C2 in summer 2010 to 12% at C3 in winter 2011).

The PERMANOVA carried out on the structure of the meiofaunal assemblage indicated highly
significant differences only among sites (p < 0.001), while no significant differences emerged among
periods or site × period interactions (Table 2). In particular, pairwise comparisons highlighted
significant differences between C3 and the other two sites (C1 and C2). The aforementioned variations
were tested by means of the SIMPER analysis, which highlighted that five main groups, i.e., Nematoda,
Copepoda, Ostracoda, Nauplii, and Halacaroidea, contributed up to the 95% of the cumulative
similarity, with an individual contribution varying from 58% for Nematoda to 2.3% for Halacaroidea
(Table 3; Figure 4). All the other taxa contributed to less than 2%.

 
Figure 4. Meiofauna community structure in the sampling sites C1, C2, and C3.
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Variation in the meiofaunal abundance, number of taxa, diversity, evenness, and the Ne/Co ratio
are shown in Figure 5. While differences between sites in abundance, evenness, and the Ne/Co ratio
were high, those in taxon number and diversity were not. In particular, abundance was the highest
at C3, which also showed the most marked standard error, and consequently the lowest evenness.
The Ne/Co ratio was higher in summer, but always lower in winter both at C2 and C3, which coincided,
with the drop in salinity. Finally, the most confined and organically enriched site C2 showed the most
variation in the Ne/Co ratio up to various orders of magnitude, particularly in summer. The 2-way
PERMANOVA conducted individually on each biotic measure showed significant differences among
sites in the total abundance, taxon number, evenness and the Ne/Co ratio, while no difference was found
for the diversity index (Table 4). The pairwise comparisons among the three sites are showed in Table 4
and highlighted higher and significantly differences especially of C3. PERMANOVA did not reveal
significant differences of meiofaunal abundance, taxon richness, Shannon diversity, and Ne/Co ratio
among the periods investigated, while some differences of evenness (p < 0.05) were found (Table 4).

Figure 5. Mean values (n = 6, ±SE standard error) of meiofaunal community synthetic measures at the
sampling sites C1, C2, and C3 in summer (Su) and winter (Wi).

The nMDS on the structure of assemblage similarly highlighted three major groups corresponding
to the three study sites, with a partial overlap between C1 and C2, and a major separation of C3 from
both C1 and C2 (Figure 6). In this analysis, the environmental variables superimposed to the biotic
data showed that salinity and DO were the main responsible factors for the separation of C3 from C1
and C2 (on the right-hand side) and that Wc, OM, Chl-a, and phaeopigments contributed mostly to the
separation between C1 and C2 (Figure 6). These results demonstrated two main gradients influencing
the spatiotemporal variation in the meiofaunal assemblages in the Cabras Lagoon. Temperature, on
the contrary, did not make a relevant contribution to the ordination of the sites as indicated by its
short segment.
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Figure 6. MDS on meiofaunal abundance (stress = 0.09) with superimposed environmental.

4. Discussion

The present study provides the first information of the spatiotemporal variation in lagoonal
meiofaunal assemblages in one of the richest Italian regions in number and extension of lagoons within
the Tyrrhenian coast, i.e., the Sardinian Island. We demonstrated significant changes in meiofaunal
diversity and community structure in relation to the main environmental gradients which, in the
studied lagoon, are driven by salinity and dissolved oxygen concentration in water, sediment organic
enrichment, and different degrees of confinement and saprobity. Our results highlight the importance
of meiofaunal studies often neglected, by ecologists and policy makers, to further our understanding
of the functioning of Mediterranean lagoons.

From an abiotic point of view, the heterogeneity of the Cabras Lagoon can be related to two main
interlinked environmental and ecological gradients. The first gradient is due to the marine influence
seaward, the second one is related to spatial differences in the trophic status and saprobity condition
across the lagoon. In particular, the most confined site C2 differed from the other two investigated sites
as being characterized by muddy, organically enriched sediments, and due to its lack of connection
and exchange with both continental and marine waters, mostly influencing C1 and C3, respectively.
Differently, the northern site C1 was most directly affected by the riverine input of freshwater and had
sandy sediments with a very low phytopigment and OM content. This is consistent with the high energy
and the low water residence time found at C1, which helps explaining the resuspension and export of
fine sediment particles from this site to the central sector of the lagoon [56,57]. Finally, the seaward site
C3 located in one of the three creeks connecting the lagoon to the Gulf of Oristano was in terms of
sediment features intermediate between C1 and C2. It is worthwhile noting that in this sector of the
lagoon man-made structures constructed in proximity of the inlet have caused modifications in the
sedimentary regime of the lagoon and the water exchange with the adjacent Gulf [41,56]. Yet, the largest
variation in salinity was found at C3 due to a marked drop in salinity in the whole lagoon in the winter
of the present study, nullifying temporarily the salinity gradient and further highlighting the high
seasonal and interannual environmental variability of the Cabras Lagoon [35,36].

Overall, these results show that the environmental (dis)similarities between the three study
sites were constant in the two periods investigated, although summer and winter data-points were
most clumped at C1 and more widespread, but still clearly separated one another, at C2 and C3.
Thus, temporal variation did not alter significantly the location of the site-points in the multivariate
model ordination. This highlighted that the most relevant source of variation in the study area was not
due to differences between summer and winter dates, but to differences between sampling sites.

Regarding the meiofaunal richness, our data can be compared only with a few studies because
the complete list of meiofaunal taxa is rarely reported. However, an overall high number of richness
(i.e., 16 taxa) was recorded in the present study showing levels higher than those documented from both
Mediterranean and European transitional water bodies [17–19,22,58,59]. Nematodes were the dominant
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taxon as frequently reported in lagoon systems worldwide [2,17,22,60,61]. This is likely related to their
capacity to colonize the fine (suboxic or anoxic) sediments that generally characterize lagoons [19].
As reported in literature, the second most abundant group is represented by copepods [14,22,58,59].
Copepods are one of the most sensitive taxa to oxygen limitation and therefore they are confined to the
oxic sediments [20,48], but they seem to take advantage of the high abundance of the microphytobenthos
occurring in lagoon sediments and that are a primary food source for numerous copepod species [24].

The meiofaunal structure assemblage seemed to be very sensitive to the spatial environmental
heterogeneity found in the Cabras Lagoon appearing a promising indicator of biotic changes in
transitional water bodies. Indeed, the multivariate analysis (nMDS and PERMANOVA) applied on the
assemblage structure clearly distinguished the three different sites in line with their environmental
features with a partial overlap of the meiofaunal structure of C1 and C2, and a greater separation
of C3 (Table 2, Figure 6). The latter site, characterized by “marine conditions”, had the highest
abundance of all the meiofaunal taxa and in particular, it was distinguished by the greater abundances
of Plathelminthes and Oligochaeta. These two taxa are often closely associated with each other and
are among the primary components of transitional environment sediments [20,24]. Oligochaeta are
regarded as taxa able to adapt to numerous environmental stress [18,48]. Plathelminthes are effective
predators of many meiobenthic organisms such as copepods that could explain their higher abundance
at C3 where the higher meiofaunal densities and copepods was found [14,62].

Instead, the high degree of confinement and consequent trophic load existing at site C2 was
marked by a higher presence of Halacaroidea and Ostracoda. Ostracoda are generally recognized
as sensitive taxon to environmental perturbations, but adaptive behaviors to numerous natural and
anthropogenic environmental (e.g., organic load and trace element contamination) changes have been
documented in several species [22,24,63]. In that site, there was also the only record of Pycnogonida that
is generally recognized as a marine taxon. Pycnogonida have a few representatives in the meiofauna,
but the Anoplodactylus genus has some species that ranges in the meiofaunal body size and are also
tolerant to salinity variations until values comparable to those found in C2 (11 PSU) [64].

In C1, the site with the lowest salinity, Tanaidacea was one of the discriminating taxon.
Noteworthy is that although many euryhaline species from Tanaidacea are found in transitional
habitats, most occur only temporarily in these environments, appearing unable to form stable
populations there [65]. Furthermore, Ateş et al. [66] reported that some species are particularly related
to coarse grain size and low content of organic matter that were the conditions that distinguish C1.

The environmental variables that appeared to mainly affect the meiofaunal assemblage of the
study area were salinity and DO that were the main responsible parameters for the separation of C3
and the other two sites. Salinity gradient is one of the primary factors that influence meiofauna in
transitional environments [8,18] along with the oxygen availability that seems to influence all the
meiofaunal taxa and not only the oxygen sensitive ones such as copepods (see above references).
The quantity and quality of the organic matter (OM, Chl-a, and phaeopigments) and Wc, which is
an indirect indication of the grain size of the substrates, were also important for the meiofaunal
distribution as suggested by many authors [8,17,22] and contributed mostly to the separation between
the other two sites (i.e., C1 and C2). Instead, temperature did not show a relevant contribution to the
ordination of the meiofauna. This issue as well as the lack of significant differences in the comparison
of the meiofaunal assemblage structure suggest that meiofauna was more affected by spatial than
temporal variations. This pattern resembled the distribution patterns of the macrozoobenthos observed
at the same study sites where spatial differences were greater than significant seasonal changes [30].

When the spatiotemporal variation in the univariate measures were statistically studied,
the greatest differences were observed between the three sites further supporting the results revealed
by the structure of the meiofaunal assemblage (Table 4). In particular, PERMANOVA showed
significant differences of the total meiofaunal abundance, number of taxa, evenness and the Ne/Co
ratio. Among them, the Ne/Co ratio showed a very temporal variable trend (i.e., it was higher in C1 in
the winter and lower in C2 and C3 in the summer) which likely is why PERMANOVA did not reveal
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significant differences between periods. However, the variation in the Ne/Co ratio did not highlight the
presence of anthropogenic stress being the values lower than the thresholds reported by Raffaelli and
Mason [52] for stressful conditions. Instead, the highest evenness at C1 was likely related to the coarser
grain size of the sediments that generally host a more diversified meiofaunal assemblage [67,68].

5. Conclusions

The present study is one of the few investigations on the meiofaunal community structure,
composition, and diversity conducted in transitional waters (TWs) in the Western Mediterranean Sea.
The high environmental variability and habitat heterogeneity of the Cabras Lagoon, the largest TW in
Sardinia, was reflected in significant differences in meiofauna among the study sites. Spatial differences
in several faunal parameters (i.e., community structure, richness, Pielou-evenness, and Ne/co ratio)
were stronger than temporal variation, suggesting that meiofaunal organisms are good indicators
of the physical-chemical variation in TWs. Furthermore, the Cabras Lagoon showed high values of
meiofaunal species richness further supporting the idea that TWs may be biodiversity hotspots and
meiofauna is an important biotic component to understand their functioning.
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Abstract: A restoration project is planned to take place in the northern Venice lagoon (northern
Adriatic Sea, Italy), aiming at introducing freshwater into a confined shallow water lagoon area and
recreating transitional water habitats. This work describes the shifts in the nekton (fish and decapods)
community structure to be expected following the future salinity decrease in the restoration area.
Nekton was sampled at a series of natural shallow water sites located along salinity gradients in
the Venice lagoon. A multivariate GLM approach was followed in order to predict species biomass
under the salinity and environmental conditions expected after restoration. Biomass of commercially
important species, as well as species of conservation interest, is predicted to increase following
salinity reduction and habitat changes. From a functional perspective, an increase in biomass of
hyperbenthivores-zooplanctivores, hyperbenthivores-piscivores and detritivores is also expected.
This study emphasises the efficacy of a predictive approach for both ecological restoration and
ecosystem management in transitional waters. By providing scenarios of community structure,
the outcomes of this work could be employed in future evaluations of restoration success in the
Venice lagoon, as well as to develop management tools to forecast the effects of alterations of salinity
regimes in coastal lagoons due to climate change.

Keywords: nekton; transitional waters; restoration; salinity; predictive models

1. Introduction

Transitional waters, including estuaries and coastal lagoons, are highly heterogeneous ecosystems,
being characterised by the presence of strong gradients in water and sediment properties and
composed of a diverse mosaic of morphologies and biogenic structures [1,2]. This makes them highly
valuable ecosystems supporting unique biological communities. Nekton fauna (fish and swimming
invertebrates) play a central role in transitional waters, mediating multiple ecological processes and
including species of commercial and conservation interest [1,3–5]. The distribution of biological
communities in transitional waters is driven by multiple environmental factors, among which salinity
is crucial in determining the organism responses at the physiological level [3,6]. The nekton community
structure, in particular, may be affected by the different species tolerances and preferences to salinity,
with migratory, marine and freshwater straggler taxa being especially influenced by spatial and
inter-annual variations in salinity levels within estuarine ecosystems [3,7–11].

A variety of anthropogenic pressures affect transitional water ecosystems, which may lead to
habitat degradation, alterations of ecological processes and depletion of biological communities,
ultimately impairing the ecosystem status and functionality [12,13]. The restoration of both abiotic
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and biotic components of transitional water ecosystems is recognised as a strategic approach to both
enhance the ecological status of degraded transitional water ecosystems (sensu Dir. 2000/60/EC Water
Framework Directive, WFD) and tackle the loss of biodiversity [14–16]. In recent years, a variety
of schemes have been carried out in estuaries and coastal lagoons all over the world, aiming at
re-establishing specific habitats previously degraded or lost [17,18] and enhancing the status of faunal
communities [19–22]. Due to the central role of salinity in transitional water ecosystems, its management
by means of hydrological and morphological improvement have been of particular interest for scientists
and practitioners in these environments [16,23,24], and in many instances, the control of salinity has
been proposed as a measure to achieve ecological restoration. For example, increasing and stabilising
salinity levels in enclosed lagoon basins by enhancing connections with the sea would improve trophic
status and conservation of vulnerable habitats such as saltmarshes and seagrass meadows [25], as well
as fishery yields and faunal diversity [26]. On the other hand, recreating the salinity gradient in
estuaries and lagoons subjected to previous river diversions and the unsustainable use of freshwater
could significantly contribute to the restoration of key ecological components [27], as well as influence
the structure and functioning of biological communities and the provision of ecosystem services [28,29].

Defining the targets of restoration, i.e., which measurable ecological goals are expected to be
met once the restoration scheme is completed, is a critical step in the evaluation of the success of
interventions [30]. Traditionally, targets are defined in terms of abiotic conditions of soil, water
and sediments, or vegetation structure and composition that characterise habitats subjected to
restoration [31]. However, in recent years, a wider approach emerged in restoration ecology,
emphasising the importance of including functional attributes of re-created habitats (e.g., their trophic
role for faunal communities and their ability to support overall biodiversity) among the measurable
targets of restoration [32–34]. Furthermore, from a methodological perspective, restoration ecology is
rapidly starting to incorporate predictive approaches for the evaluation of project performances [35].
Employing forecasting techniques would indeed contribute to provide robust and less uncertain
assessments of restoration success, for instance, by predicting in advance the structure of biological
communities prior to the end of habitat re-creation actions, [36] hence allowing for an adaptive
management of conservation efforts [37,38].

Defining realistic targets and evaluating restoration success can be particularly difficult in
transitional water ecosystems. Here, the high levels of natural stress and the hysteresis exhibited by
many ecological components after restoration often mask the response of the ecosystem to management
and conservation measures [16,24,39,40]. Due to their central role in ecosystem functioning, nekton
fauna in transitional waters is widely employed as indicator of ecological health, being also included
among the biological elements to be evaluated for the assessment of the ecological status of European
transitional water bodies under the Water Framework Directive [41–44]. Estuarine and lagoon
nekton communities are also considered in studies investigating the effects of restoration measures,
including those involving the management of salinity regimes in hydrologically impaired water
bodies [19,20,29,45–48].

In the Mediterranean basin, the intense human development occurred in the last centuries and
the subsequent alterations of hydrodynamics and sediment balances determined major losses of
transitional water habitats in estuaries and coastal lagoons [49–54]. The Venice lagoon (northern
Adriatic Sea, Italy) in particular, experienced centuries of land claim and decreased freshwater and
sediment inputs from the mainland due to historical diversion of major rivers [55,56]. During the last
century, the higher hydrodynamic energy caused by jetty construction at the sea inlets and channel
dredging further enhanced the morphological and hydrological alterations [57,58]. Overall, this
determined the loss of extensive portions of saltmarshes and intertidal flats, and the almost complete
disappearing of reedbed and oligo and mesohaline conditions that originally dominated the interface
between the lagoon and the drainage basin [49,50,59,60].

In the Venice lagoon, a restoration project (LIFE Lagoon ReFresh; www.lifelagoonrefresh.eu) is
planned to establish a salinity gradient in a currently euhaline shallow water area, by connecting

70



Water 2019, 11, 1354

the basin to an adjacent river course and creating a freshwater inflow up to 1000 L s−1. In addition,
a series of morphological interventions are planned in the area. These include the arrangement of
biodegradable modular elements and the transplantation of reed (Phragmites australis (Cav.) Trin. ex
Steud.) and submerged angiosperms (Ruppia cirrhosa (Petagna) Grande and Zostera noltei Hornem.),
which are expected to slow down the dispersion of freshwater and control turbidity and nutrient peaks
during river overflows [61]. The creation of a new freshwater input, scheduled for autumn 2019, is
expected to restore many of the transitional attributes in the lagoon area. In particular, the project
foresees the enhancement of habitat functionality for nekton fauna [61].

This paper aims at defining the structure of nekton assemblage to be expected after the restoration
of the salinity gradient in an inner, euhaline area of the Venice lagoon, following the predictive approach
proposed by Scapin et al. [36] for seagrass nekton communities. The work is structured into two phases:
(i) an assemblage-level model was calibrated, in order to explain nekton variability with temporal,
environmental and habitat factors characterising sites located along natural salinity gradients in the
Venice lagoon; (ii) a set of target scenarios were defined in terms of salinity and other environmental
factors that are expected at the end of the restoration process. The taxonomical and functional structure
of nekton assemblage expected according to such scenarios was subsequently predicted, using the
model developed in the first phase.

2. Materials and Methods

The Venice lagoon is the largest Mediterranean coastal lagoon, with a surface of approximately
550 km2, and is characterised by a microtidal regime, experiencing a tidal range of ±0.50 m during
spring tides [62]. Two main watersheds are present in the lagoon, identifying three large sub-basins
(northern, central and southern) [63]. Each sub-basin exchanges water with the sea through an inlet.
The lagoon is mostly composed of shallow water areas, with an average depth of 1.2 m [64], which are
intersected by a network of deeper channels leading inwards from the inlets and branching inside
each sub-basin [63,65]. The lagoon is also characterised by several freshwater inputs from the drainage
basin, the most consistent of which are located in the northern sub-basin [66] (Figure 1).

Shallow water areas are therefore characterised by strong gradients in environmental conditions
such as salinity, dissolved oxygen, turbidity, trophic status and sediment granulometry, these being
driven not only by natural processes, but also by multiple anthropogenic pressures [49]. Overall,
salinity levels range from polyhaline (18–30) to euhaline (>30) conditions, although values can reach 5 in
areas closer to freshwater inputs, depending on the intensity of river discharges [66]. This heterogeneity
contributes to creating a complex mosaic of islands, saltmarshes, mud and sand-flats, seagrass meadows
and man-made structures. Saltmarshes and intertidal and subtidal flats dominate the mosaic of shallow
waters in the inner lagoon areas. Seasonal beds of macroalgae often occur on flats, and sparse patches
of Zostera noltei and Ruppia cirrhosa can be present along marsh edges and in marsh creeks. Reedbed
is now rare, and limited to areas more directly influenced by freshwater [61]. The lagoon area that
will be subjected to the restoration of freshwater inflow is a mostly shallow, inner portion of the
northern sub-basin. It is characterised by high water residence times (>20 days; [63]) and euhaline
conditions, with salinity levels often higher than 30 PSU, and only occasionally lowered by intense
rainfall events [61,66].

In this study, nekton and environmental sampling was carried out in 39 shallow water sites in the
three sub-basins. The sites were located along the major salinity gradients, either in confined saltmarsh
creeks or at marsh edges exposed to shallow flats, and encompassed the range of environmental and
habitat variability that characterises the inner areas of the lagoon (Figure 1).

Nekton and environmental data were gathered from 10 years of surveys in the Venice lagoon
(between 2004 and 2018; [44,67–70]) and included observations performed either in spring, summer or
autumn depending on the specific survey. A total of 179 observations were included in the dataset.
Nekton sampling was carried out by seine netting, following the protocol described in Franco et al. [67].
The specimens were identified at the species level, and total biomass (g) per species was registered.
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The data were standardised per area unit (g 100 m−2), allowing comparison between samples. Together
with nekton sampling, water temperature (◦C), salinity (PSU), dissolved oxygen (DO, percentage of
saturation) and turbidity (FNU) were measured with a multi-parameter probe, and the presence of
macroalgae was recorded. A value of sediment grain size (percentage of sand in the 10 cm surface
layer) was finally associated to each sampling site using data from previous studies [71–73].

Figure 1. The Venice lagoon and location of sampling sites. The sites are located either in saltmarsh
creeks (red dots) or at saltmarsh edges (green). The dashed lines indicate the approximate positions of
the main watersheds. The distribution of the saltmarsh (dark grey), lagoon channels (light blue) and
main freshwater courses flowing into the lagoon (blue) are also shown. The red arrow indicates the
location of the planned river diversion into the lagoon planned under the LIFE Lagoon ReFresh project.

Field data were employed in a model framework to identify factors driving nekton variability and
then predict assemblage characteristics under scenarios of salinity reduction, following the approach
proposed for the restoration of seagrass meadows in the Venice lagoon by Scapin et al. [36]. Negative
binomial generalised linear models (GLMs) were fitted to biomass of each species contributing to 98%
of total assemblage biomass. A set of different model formulations was considered, taking into account
different combinations of temporal, geographical, and environmental predictors. Five model categories
were included, investigating the following hypotheses (Table 1): None of the predictors considered
affect the response variable (null model: category m0); the response variable is affected by the temporal
factor only (seasonal and inter-annual variability; category m1); the response variable responds to
both temporal factors and the sub-basin (category m2); the response variable is affected by temporal
factors, the sub-basin and environmental characteristics of water and bottom surface (category m3);
the response variable responds to temporal factors, the sub-basin, environmental characteristics and
location (the latter specified either as saltmarsh creek or edge) (category m4). The relative influence of
each predictor on variability of nekton assemblage was hence evaluated by comparing the different
model formulations (Table 1) in a hierarchical framework [36,41]. Following the approach of the
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manyglm function contained in the mvabund software package [74], the inference was carried out at
the assemblage level by combining species-specific results in a global analysis. The significance of
the contribution of additive variables to the simpler model was assessed by means of likelihood ratio
tests with 1000 bootstrap iterations. This allowed to investigate a series of hypotheses on the different
contribution of each predictor on the overall assemblage variability. Test t1 tested the hypothesis
that the temporal factor would improve the null model; test t2 tested the hypothesis that sub-basin
would improve the temporal model; tests belonging to category t3 tested the hypothesis that each
water parameter and bottom characteristic would progressively improve the previous model; test t4
tested the hypothesis that location would improve a model already taking into account all the previous
predictors (Table 1). The model formulation resulting from the outcomes of the tests (i.e., that including
only relevant predictors) was then selected, and employed in the second phase of the work to predict
the expected nekton assemblages.

Table 1. Generalised linear models (GLMs) formulations considered in this study, and a summary of
likelihood ratio tests performed between pairs of models. For each model comparison, the predictors
being tested are specified.

Model Category Formula Predictors Included

m0 Yi ~ intercept + εi None

m1 m0 + season + year Temporal

m2 m1 + sub-basin Temporal + geographical

m3.1 m2 + temperature

Temporal + geographical +
environmental

m3.2 m2 + temperature + salinity
m3.3 m2 + temperature + salinity + DO
m3.4 m2 + temperature + salinity + DO + turbidity
m3.5 m2 + temperature + salinity + DO + turbidity + grain
m3.6 m2 + temperature + salinity + DO + turbidity + grain + algae

m4 m3.x + location
Temporal + geographical +
environmental + location

(marsh creek or edge)

Test Testing the Effect of:

t1 m0 vs. m1 Temporal factor

t2 m1 vs. m2
Geographical factor, when only

temporal factor was
considered before

t3.1 m2 vs. m3.1
Each environmental factor, when
temporal, geographical and all

the significant previous
environmental factors were

considered before

t3.2 m3.1 vs. m3.2
t3.3 m3.2 vs. m3.3
t3.4 m3.3 vs. m3.4
t3.5 m3.4 vs. m3.5
t3.6 m3.5 vs. m3.6

t4 m3.x vs. m4

Location factor, when temporal,
geographical and all the

significant environmental factors
were considered before

The predictive capability of the selected model was assessed by means of Spearman’s r coefficients,
calculated between observed and predicted biomass values by means of a k-fold cross-validation
(k = 5, [75]). The coefficients were computed for the whole assemblage (i.e., using species, sampling
sites and dates as replicates) and for each species separately.

Predictor coefficients estimated by the selected model were used to quantify the magnitude and
the sign (either positive or negative) of species response to physico-chemical variables and location
(coefficients for seasons, years and sub-basins not shown). In order to provide an assessment of the
response at the assemblage level, the absolute (i.e., without sign) values of estimated coefficients for
each predictor were averaged among species, using the mean species biomass as weight.
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Following the approach of Scapin et al. [36], the values of predictor variables were defined in a
set of scenarios, as expected at the end of the restoration scheme. This allowed the prediction of the
assemblages expected after establishing the freshwater input and creating the salinity gradient in the
project area.

Three restoration scenarios were included, accounting for three different target levels of salinity
reduction: 10, 18 and 25 PSU, as expected at the end of the project (see also Figure A1 in Appendix A, [61]).
A fourth scenario was taken into account, describing the current salinity conditions in the project
area (ca. 30 PSU; [61]). All the scenarios were based on the northern lagoon sub-basin (i.e., where
restoration will take place) and in all the scenarios, levels of environmental parameters were set as the
inter-annual average values measured during each season in northern sub-basin sites employed in
the calibration phase. The year was set as the average sampling year considered in calibration. Since
saltmarsh creeks are not expected to be a prominent habitat feature in the restored area in the near
future [61], in all the scenario explorations, predictions were carried out for the exposed marsh edge
location. The scenarios were defined for spring, summer and autumn separately (Table 2).

Species predicted with low accuracy (i.e., species associated with a Spearman’s cross-validation
coefficient lower than 0.25) were excluded from the predicted assemblage. In order to provide a functional
assessment of the expected assemblage, species were subsequently grouped into functional guilds. Both
ecological guilds, summarising the different use of transitional water habitats by species, and feeding
guilds, grouping species with similar food targets and foraging strategies, were considered. Predicted
species densities were then aggregated accordingly. Eight ecological guilds (estuarine use functional
guilds, EUFGs) were taken into account, adapting the classification approach of Potter et al. [76] to the
Venice lagoon: Solely estuarine resident species (ESs), found exclusively within the lagoon ecosystem;
estuarine resident species (ES), spending all or most of their life cycle within the lagoon, but represented
also by marine populations; marine estuarine-dependents (ME-D), marine-spawning species that
require transitional water habitats during the juvenile stages; marine estuarine-opportunists (ME-O),
marine-spawning species that regularly enter the lagoon but can alternatively use other coastal habitats;
marine stragglers (MS), stenohaline marine species irregularly found within the lagoon in areas most
influenced by the sea; freshwater stragglers (FS), stenohaline freshwater species that occur occasionally in
the lagoon near river mouths; catadromous (C), species entering the lagoon during periodic migrations
from marine spawning areas to freshwaters; anadromous (A), species entering the lagoon during periodic
migrations from freshwater spawning areas to the sea. Seven feeding guilds (feeding mode functional
guilds, FMFGs) were taken into account, adapting the classification of Franco et al. [77] to the Venice
lagoon: Detritivores (D), feeding on small organisms and organic matter associated to the substratum;
microbenthivores (Bmi), feeding on benthic fauna smaller than 1 cm; macrobenthivores (Bma), feeding
on benthic fauna larger than 1 cm; hyperbenthivores-zooplanctivores (HZ), feeding either on small
(<1 cm) hyperbenthos or zooplankton; hyperbenthivores-piscivores (HP), feeding either on large (>1 cm)
hyperbenthos or fish; omnivores (OV), which ingest both plant and animal material; planktivores (PL),
feeding predominantly on zooplankton and occasionally on phytoplankton. Since a species could be
allocated to multiple feeding guilds, the contribution of each species to a guild was expressed as a
proportion (0 to 1), by identifying the importance of different food resources within the diet based on
literature [78] and available data for the Venice lagoon [41,79].

Table 2. The scenarios defined for predicting the expected nekton assemblage.

Scenario
Salinity
(PSU)

Season Year Sub-Basin
Other Environmental

Variables
Location

Low 10
Either spring,

summer or
autumn

Average
sampling year
considered in

calibration

Northern

Average values
measured in the

northern sub-basin
during each season

Saltmarsh
edge

Mid 18
High 25

Current 30
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3. Results

3.1. Environmental Variability

Physico-chemical parameters measured at natural sites employed for model calibration varied
markedly according to the sampling season, sub-basin and location along the environmental gradients.
Temperature, for instance, was characterised by seasonal fluctuations, showing average values of
19.5 (standard deviation 4.3), 25.1 (sd 2.8) and 18 ◦C (sd 5.6) in spring, summer and autumn respectively.
Similarly, average dissolved oxygen values were 94.3 (sd 19.2), 73.4 (sd 19.1) and 85.6% (sd 15.2) during
the three seasons. Other environmental parameters, in turn, varied spatially. Salinity ranged from 4
to 40, showing lower values at sites located in the inner portions of the lagoon, closer to freshwater
inputs. Sediment grain size (range 1 to 72% sand) and water turbidity (range 1 to 69 FNU) varied
both along the salinity gradient (with lower grain size and higher turbidity in inner lagoon areas)
and between the two habitat locations considered (with lower grain size and lower turbidity inside
saltmarsh creeks). Finally, the sampling sites in the northern, central and southern sub-basins showed
some differences in terms of salinity, with average values of 24.2 (sd 8.8), 28.7 (sd 6.2) and 24.3 (sd 8.6)
respectively, and sediment grain size, with average values of 16.9 (sd 11.9), 17.2 (sd 10.5) and 27.7%
sand (sd 21.3) respectively.

3.2. Model Calibration

Twelve species accounted for 98% of total assemblage biomass at the sampling sites selected for
the model calibration phase, including 10 fish and two decapod taxa (Table 3).

The likelihood ratio tests among pairs of model formulations highlighted that the temporal factor
significantly explained assemblage biomass (p-value = 0.002; test t1), and that the geographical factor
(sub-basin) significantly explained assemblage biomass (p-value = 0.002) when added to a model
already including temporal factor (t2). Among physico-chemical predictors, temperature significantly
(p-value = 0.041) improved a model already including both temporal and geographical factors
(t3.1), and salinity significantly (p-value = 0.012) improved a model already including temporal and
geographical factors and temperature (t3.2). Dissolved oxygen (t3.3), turbidity (t3.4), sediment grain size
(t3.5) and presence of macroalgae (t3.6) did not improve the model significantly (p-values> 0.05). Finally,
the inclusion of the location factor to the model already taking into account temporal and geographical
factors, temperature and salinity significantly (p-value = 0.045) explained assemblage biomass (t4).
As a result, the GLM formulation including temporal factor, geographical factor, temperature, salinity
and location was selected as the best model explaining the variability of nekton biomass.

Most of the species included in the analysis were predicted accurately (cross-validated average
Spearman’s coefficients between 0.28 and 0.60), including big-scale sand smelt Atherina boyeri Risso,
1810, Mediterranean banded killifish Aphanius fasciatus Valenciennes, 1821, rockpool prawn Palaemon
elegans Rathke, 1837, brown shrimp Crangon crangon Linnaeus, 1758, black-spotted goby Pomatoschistus
canestrinii Ninni, 1883, marbled goby P. marmoratus Risso, 1810, Adriatic dwarf goby Knipowitschia
panizzae Verga, 1841, thinlip grey mullet Chelon ramada Risso, 1827 and european flounder Platichthys
flesus Linnaeus, 1758 (Table 3). Conversely, golden grey mullet Chelon auratus Risso, 1810, leaping
mullet C. saliens Risso, 1810 and gilthead seabream Sparus aurata Linnaeus, 1758 were predicted with
lower accuracy (cross-validated average coefficients <0.25), and therefore they were excluded from
the prediction of the expected assemblage. Overall, the whole assemblage was predicted with good
accuracy (cross-validated average coefficient = 0.46; Table 3).
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Table 3. Average and standard error values of Spearman’s coefficients calculated by cross-validation
(k = 5) on species accounting for 98% of total biomass and on the whole assemblage. For each
species the estuarine use functional guild (EUFG), the feeding mode functional guilds (FMFG)
and the average biomass are reported. Guilds are abbreviated as follows. ES: estuarine resident
species; ESs: solely estuarine resident species; MED: marine estuarine-dependent species; Bmi:
microbenthivores; DV: detritivores; Bma: macrobenthivores; HZ: hyperbenthivores-zooplanctivores;
HP: hyperbenthivores-piscivores; OV: omnivores.

Average Biomass
(g 100 m−2)

Spearman’s Coefficient

Group Species EUFG FMFG Average Standard Error

Decapods Palaemon elegans ES Bmi, OV 0.93 0.60 0.004
Crangon crangon MED Bmi 3.63 0.60 0.22

Fish Atherina boyeri ES HZ 25.59 0.49 0.11
Pomatoschistus

canestrinii ESs Bmi, HZ 1.38 0.48 0.09

Chelon ramada MED HZ, DV 22.43 0.42 0.15
Platichthys flesus MED Bmi, Bma, HP 0.65 0.39 0.04
Pomatoschistus

marmoratus ES Bmi, HZ 0.46 0.35 0.08

Knipowitschia panizzae ESs Bmi, HZ 2.13 0.31 0.03
Aphanius fasciatus ESs Bmi, OV 9.55 0.28 0.10

Chelon saliens MED HZ, DV 2.04 0.18 0.08
Sparus aurata MED Bmi, Bma, HZ 0.53 0.16 0.003

Chelon auratus MED HZ, DV 4.68 0.14 0.22
Whole assemblage 0.46 0.05

Among the significant environmental factors, both site location within saltmarsh creeks and
salinity showed a strong average influence on the whole assemblage biomass according to the selected
model. By comparison, temperature had a weaker average effect (Figure 2). Nekton response to
environmental and location factors varied markedly at species level (Figure 3). Overall, biomass of
most of the species showed a clear response to the variables investigated, with only A. boyeri and
K. panizzae exhibiting weak relationships with water temperature, salinity and site location compared
to the other species. The marginal effect of temperature (i.e., with seasonal factor already taken into
account) was positive for biomass of most of the species, while both salinity and location showed
variable effects. In particular, salinity was negatively associated to biomass of C. ramada, C. saliens,
P. canestrinii and P. elegans, and positively to biomass of A. fasciatus and P. marmoratus. The effect of sites
located within saltmarsh creeks, as opposed to exposed saltmarsh edges, was positive for most of the
species, with only C. crangon, P. flesus and P. marmoratus showing a negative relationship with creeks.

Figure 2. The average magnitude of the effect (and standard error) of relevant environmental and
location factors estimated by the selected model. The values are calculated as the mean of the absolute
(i.e., without sign) coefficients estimated for each species, weighted by average species biomass.
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Figure 3. The estimated coefficients (and standard errors) of relevant environmental and location
factors for species accounting for 98% of assemblage biomass.

3.3. Predicting the Expected Assemblages

Model predictions applied to the selected scenarios of salinity reduction showed that the whole
nekton assemblage (calculated as the cumulative biomass of species included in the analysis) would
markedly respond to salinity variations, showing a progressive increase in biomass from the current to
the low-salinity scenario. The predicted increase in biomass would occur similarly in all the seasons
investigated, although this appears to be stronger and associated to a lower uncertainty in spring
(Figure 4). Despite the overall trend observed in whole assemblage, some major differences could
be found in the response at the species level (Figure 5). Only minor variations of species response
among seasons were detected (see Figure A2 in Appendix B), hence average values were shown
(Figure 5). Most of the species investigated showed an increase in biomass with decreasing salinity,
including A. boyeri, C. ramada, P. canestrinii, P. elegans and P. flesus. Among them, P. canestrinii and
P. elegans were associated to the most marked increase in biomass. In turn, A. fasciatus, K. panizzae
and P. marmoratus exhibited an opposite pattern, with higher biomass densities under the current
conditions and progressively lower values under reduced salinity scenarios. C. crangon did not show
any relevant response to salinity.
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Figure 4. Whole nekton assemblage biomass (g 100 m−2) predicted along the salinity gradient for each
season investigated. The current salinity and the three scenarios of salinity reduction are highlighted.
The dashed lines indicate the standard error of the prediction.

Figure 5. Species biomass (g 100 m−2) predicted along the salinity gradient. The seasonal values were
averaged. The current salinity and the three scenarios of salinity reduction are highlighted. The dashed
lines indicate the standard error of the prediction.
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Aggregating species biomasses in ecological and trophic guilds highlighted the potential changes
in assemblage functional attributes after the restoration (Figure 6). On the whole, biomass of
estuarine resident and marine estuarine-dependent species are expected to increase accordingly
with the decrease in salinity, although the latter guild showed a marked increase only under the
low-salinity scenario. In contrast, solely estuarine residents exhibited a pattern of decrease from the
current conditions to mid and low-salinity scenarios. In terms of trophic structure of the nekton
assemblage, salinity reduction would drive an increase in biomass of detritivorous, macrobenthivorous,
hyperbenthivorous-zooplanctivorous and hyperbentivorous-piscivorous species (Figure 6). Guild
response did not exhibit major variations among seasons (see Figure A3 in Appendix B), hence the
average values were shown (Figure 6).

Figure 6. Biomass (g 100 m−2) predicted along the salinity gradient for ecological and trophic
guilds. The seasonal values were averaged. The current salinity and the three scenarios of salinity
reduction are highlighted. The dashed lines indicate the standard error of the prediction. Guilds are
abbreviated as follows. ES: estuarine resident species; ESs: solely estuarine resident species; MED:
marine estuarine-dependent species; Bmi: microbenthivores; DV: detritivores; Bma: macrobenthivores;
HZ: hyperbenthivores-zooplanctivores; HP: hyperbenthivores-piscivores; OV: omnivores.
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4. Discussion

4.1. Predicting the Expected Nekton Changes after Salinity Reduction

This study developed a model to predict the expected shifts in nekton assemblage resulting from
the restoration of a freshwater input in an inner portion of the Venice lagoon, taking into account
temporal, geographic, environmental and habitat variability found along natural salinity gradients in the
basin. The model calibration phase revealed a significant influence of the sampling season and year on
overall assemblage and species biomass, confirming the high variability of temporal dynamics in nekton
communities in the Venice lagoon [41,67,70,80]. Reproduction, recruitment and migrations are among the
major factors causing seasonal variations in community structure in transitional water ecosystems [69,81].
In addition, seasonal patterns may show marked differences among years due to interannual changes
in weather, abiotic conditions and trophic status [80,82,83]. Among the physico-chemical and habitat
factors taken into account in the present analysis, only three variables significantly affected biomass
of the nekton assemblage as a whole, namely water temperature, water salinity and habitat location
within the saltmarsh. This confirms previous observations made on fish communities in the Venice
lagoon [67,84,85] and in other Mediterranean transitional water ecosystems [8,82]. As many studies
previously pointed out, nekton response to physico-chemical and habitat variables would probably be
more complex, and show a significant influence of additional factors (e.g., type of substratum, trophic
conditions, tidal cycles and weather) at the species level [80,83,86–89]. Exploring all the factors driving
nekton changes at the species level was, however, beyond the scope of this work.

The primary effect on nekton fauna of reducing salinity in the lagoon area investigated would
be an overall increase in total assemblage biomass compared to the current conditions, mostly due to
the increase in biomass of five species. Among them, the solely resident Pomatoschistus canestrinii and
the marine estuarine-dependent Platichthys flesus and Chelon ramada are known to prefer low-salinity,
saltmarsh-dominated areas in the inner portions of the Venice lagoon, which they use as recruitment and
feeding grounds and, for P. canestrinii, as elective reproductive habitats [80,87,90]. Also the estuarine
residents Atherina boyeri and Palaemon elegans, widespread species that can tolerate a wide range of
salinity levels in transitional water habitats [7,69], contributed to the expected increase in nekton biomass.
The positive response to salinity decrease shown by these species could be related to broader changes in
the restoration area, including an increase in trophic status. In the Venice lagoon, trophic levels indeed
show marked changes along the salinity gradients, with higher nutrient and chlorophyll concentrations
recorded in the more confined portions of the basin [91,92]. Common estuarine species, integrating
complex ecological processes such as trophic interactions in transitional water ecosystems, could therefore
play a key role as indicators of such changes in the inner areas of the lagoon [41,93–95].

This work emphasises the importance of adopting a functional perspective when employing
predictive models in restoration ecology. Species traits, or a functional classification like the guild
approach, could provide a better understanding of the processes involved in community colonisation
of restored habitats and in overall ecosystem functioning [35,96]. The expected nekton response
at the functional level further supports the hypothesis that the restoration of a salinity gradient
in the Venice lagoon may cause relevant changes to the food web of the area, with biomass of
hyperbenthivores-zooplanctivores, hyperbenthivores-piscivores and detritivores benefiting from the
decrease in salinity. The newly-created freshwater input could have a major influence on distribution
and community structure of hyperbenthic and planktonic prey due to the salinity decrease, as pointed
out by Das et al. [28]. More generally, the nutrient loads from the drainage basin, although buffered by
the restoration of vegetation, could enhance the productivity of the system, hence the overall availability
of food items for nekton species in the area [8,67,97]. Future studies following the restoration of the
salinity gradient should therefore take into account the potential changes in trophic status, which could
explain a significant portion of variability in functional structure of nekton assemblages in the area.

The model’s accuracy proved to be good in predicting the assemblage as a whole, as cross-validation
highlighted. While predictive performances varied markedly among species, most of them were
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predicted with high accuracy, and could then be included in the set of species to be predicted in the
second phase of the work. In particular, this approach identifies a pool of species that best explains
the expected assemblage shifts under changing environmental conditions. Overall, the ecological
and trophic structure of such assemblage largely corresponds to the typical nekton community
composition found in the inner areas of the Venice lagoon and other Mediterranean transitional water
ecosystems [11,69,90,98].

As Scapin et al. [36] highlighted, the methodology presented in this work may serve to develop
concise tools guiding the management and conservation of biodiversity and ecosystem functions.
In a perspective of reinstatement of a salinity gradient in the Venice lagoon, for instance, predicting
the expected outcomes in terms of nekton structure and comparing them to the observed conditions
after the restoration will provide a mean to quantitatively estimate the degree of restoration success.
Applying the same protocol in a suitable time frame will also allow the tracking of restoration trajectories
towards the endpoint conditions [36]. Similarly, the present approach may also be employed in the
framework of WFD, to evaluate the efficacy of management responses aiming to enhance the ecological
status of hydrologically impaired transitional water bodies.

4.2. Implications for Management and Conservation

The present analysis highlighted that restoring the salinity gradient could have major implications
for management and conservation of the inner Venice lagoon. Most of the tools developed for the
evaluation of ecological status of fish in transitional waters under the WFD, including the one employed
in Italian transitional waters, incorporate metrics calculated on assemblage structure and composition,
often based on functional guilds [79,99–102]. Given the expected increase in whole assemblage biomass
and the shift in taxonomical and trophic structure, significant changes in the ecological status of
fish may therefore occur after the restoration. As a result, nekton surveys in the area following the
reinstatement of the freshwater input will be of critical importance, in order to measure the actual
effect of creating a salinity gradient on the ecological status.

While restoration could benefit the overall ecological status of fish fauna, the consequences
on species conservation may vary. The salinity decrease would contribute to creating suitable
environmental conditions, particularly in areas characterised by lower salinity levels, for Pomatoschistus
canestrinii, an endemic species of northern Adriatic coastal lagoons listed in the Annex II of the
Habitats Directive. One of the major threats for this species is indeed the loss of estuarine and
brackish habitats [80,103]. Other species protected at the European level, namely Aphanius fasciatus
and Knipowitschia panizzae, could in turn be limited to areas that are less influenced by the salinity
gradient, or gather in habitats different from saltmarsh edges, such as creeks. Small saltmarsh channels
are often preferred by small estuarine resident species, by providing better shelter and higher food
availability [80,90]. Overall, this emphasises the importance of preserving habitat diversity, even in a
scenario of beneficial restoration, as already pointed out for the Venice lagoon by Cavraro et al. [90]
and Scapin et al. [36,70].

The results of this work also indicate a positive influence of restoring a salinity gradient on the
recruitment of Chelon ramada and Platichthys flesus, which exploit transitional water habitats during juvenile
stages and represent important resources for local fisheries [41,87,104–109]. Transitional water ecosystems
play a central role in supporting the populations of many marine migrant species of commercial value.
Multiple environmental and geographical factors contribute to sustain this function, including water
turbidity and sediment characteristics, trophic status and prey availability as well as the availability of
structured habitats such as saltmarshes, and the degree of habitat connectivity [3,110–112]. In this light,
salinity may not be the only factor regulating the entrance and growth of marine migrant juveniles in the
Venice lagoon shallow waters and, while the restoration could contribute to support juveniles of C. ramada
and P. flesus, the overall nursery role of the area should be evaluated by future ad hoc studies.

Transitional water habitats rely on the delicate balance between sediment accretion and erosion,
as well as on quality and availability of freshwater inputs. The consequences of climate change
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could therefore pose additional threats to their survival and quality in the next decades. For instance,
the expected sea level rise would result in the loss of major intertidal and subtidal shallow water
areas in northern Adriatic coastal lagoons due to erosion and submergence in this century [49,58,113].
Moreover, relevant alterations in temperature and precipitation patterns all over the world are already
affecting river flows and overall freshwater availability [114]. In the Venice lagoon, climate change
could lead to longer periods of high salinity levels and more marine-like conditions due to more severe
drought episodes, resulting in further loss of transitional water features in the inner portions of the
basin [115]. Restoration schemes aiming at enhancing the riverine influence on the inner lagoon, such
as the Lagoon ReFresh project, may therefore represent a viable way to mitigate the negative effects of
climate change on transitional water ecosystems, in particular by preserving suitable environmental
conditions for nekton assemblages.
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Appendix A

Figure A1. Project area of LIFE Lagoon ReFresh in the northern Venice Lagoon. Current state of salinity
condition (small panel, bottom) and expected state after the creation of a freshwater input from the Sile
river (low tide conditions). The freshwater inflow and morphological interventions are also represented.
The diffusion of freshwater during low tide condition was obtained from numerical simulation [61].
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Appendix B

Figure A2. Species biomass (g 100 m−2) predicted along the salinity gradient for each season investigated.
The current salinity and the three scenarios of salinity reduction are highlighted. Dashed lines indicate
the standard error of the prediction.
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Figure A3. Guild biomass (g 100 m−2) predicted along the salinity gradient for each season investigated.
The current salinity and the three scenarios of salinity reduction are highlighted. Dashed lines
indicate the standard error of the prediction. Guilds are abbreviated as follows. ES: estuarine
resident species; ESs: solely estuarine resident species; MED: marine estuarine-dependent species; Bmi:
microbenthivores; DV: detritivores; Bma: macrobenthivores; HZ: hyperbenthivores-zooplanctivores;
HP: hyperbenthivores-piscivores; OV: omnivores.
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Abstract: We conducted 24-h real-time monitoring of temperature, salinity, dissolved oxygen,
and nutrients in the near-shore (M4-1), front (M4-8), and offshore (M4-13) regions of the 31◦ N section
of the Changjiang (Yangtze) River estuary plume in summer. Carbon dioxide partial pressure changes
caused by biological processes (pCO2bio) and net ecosystem production (NEP) were calculated
using a mass balance model and used to determine the relative contribution of biological processes
(including the release of CO2 from organic matter degradation by microbes and CO2 uptake by
phytoplankton) to the CO2 flux in the Changjiang River estuary plume. Results show that seawater
in the near-shore region is a source of atmospheric CO2, and the front and offshore regions generally
serve as atmospheric CO2 sinks. In the mixed layer of the three regions, pCO2bio has an overall
positive feedback effect on the air–sea CO2 exchange flux. The contribution of biological processes
to the air–sea CO2 exchange flux (Cont) in the three regions changes to varying extents. From west
to east, the daily means (±standard deviation) of the Cont are 32% (±40%), 34% (±216%), and 9%
(±13%), respectively. In the front region, the Cont reaches values as high as 360%. Under the mixed
layer, the daily means of potential Conts in the near-shore, front, and offshore regions are 34% (±43%),
8% (±13%), and 19% (±24%), respectively. The daily 24-hour means of NEP show that the near-shore
region is a heterotrophic system, the front and offshore regions are autotrophic systems in the mixed
layer, and all three regions are heterotrophic under the mixed layer.

Keywords: biological processes; air–sea CO2 exchange flux; net ecosystem production; potential CO2

emissions; trophic status; Changjiang River estuary plume

1. Introduction

The Changjiang estuary plume is a typical marginal sea with a coastal continental shelf that has
large spatial and temporal variations in carbon sinks/sources. In summer, the East China Sea generally
acts as a carbon sink for atmospheric CO2 (−4.6 ± 1.3 mmol m−2 day−1) [1–3]. The influence of physical
processes, such as strong winds, and the large amount of dissolved inorganic carbon produced by
respiration under the mixed layer turns the region into an atmospheric carbon source [4]. The water
mass compositions in the mixed layer of the Changjiang River estuary plume are determined primarily
by the Changjiang Diluted Water and the Kuroshio Surface Water. However, the originally deep
(50 m) subsurface water of the Kuroshio [5] will rise and form an upwelling around 123◦ E, where
there is a trough [6]. On shorter time scales (e.g., 24-h), the complicated physical (upwelling, wind,
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tidal mixing, etc.) and biogeochemical (including the release of CO2 from organic matter degradation
by microbes and CO2 uptake by phytoplankton) effects on the coastal and shelf ecosystems lead
to complex transitions between carbon sinks and sources [7]. Thus, observations at high temporal
resolutions are urgently needed to study the effects of biological processes on carbon sinks and sources.

The difference between gross primary production (GPP) and respiration (R) in an ecosystem
is defined as the net ecosystem production (NEP) [8]. Negative NEP indicates that the ecosystem
is heterotrophic, and positive NEP indicates that it is autotrophic; therefore, NEP can be used
as an indicator of the trophic status, which is an important factor in the assessment of a specific
ecosystem [9,10]. For example, Li [11] estimated the nutrient flux, primary production, and NEP in
the Changjiang River estuary in the four seasons using the budget box model. Xu [12] used in situ
sampling data and the “muddy” LOICZ (land–ocean interaction in the coastal zone) model to evaluate
the tropical status of the Changjiang River estuary plume in summer and winter. NEP is also used
to distinguish biogeochemical controls from other controls of carbon sinks and sources in marginal
environments [13,14]. For instance, Borges established the relationship between mixed-layer NEP and
air–sea CO2 flux in order to detail the function of biogeochemical processes in European coastal seas [15].
Studies of NEP in the Changjiang River estuary plume have mostly applied the biogeochemical budget
model on a seasonal scale. However, the contributions of biological processes to the impact of air–sea
CO2 flux using continuous monitoring data have rarely been reported. In addition, the quantification
of potential CO2 flux under the mixed layer using NEP remains to be studied in depth.

In this study, data from 24 hours of continuous monitoring in the Changjiang River estuary plume
in summer were used to further explore these processes. The diel variations in parameters such as
carbon dioxide partial pressure (pCO2) and NEP in the near-shore, front, and offshore regions were
calculated by a mass balance model to separate the controlling processes of pCO2. We differentiated the
air–sea CO2 exchange flux associated with physical and biological processes and then quantified the
contribution of biological processes to the total air–sea CO2 exchange flux in the mixed layer. We also
attempted to calculate the quantitative potential CO2 emission under the mixed layer. Moreover,
the NEP vales of the three regions were compared to assess the trophic statuses of the different
ecosystems. The results demonstrate the importance of biological processes in the regulation of
estuarine carbon sources and sinks, and they also show the gradients of trophic statuses that are
influenced by Changjiang-diluted water in the Changjiang River estuary plume.

Our research on the carbon sinks and sources and assessment of the trophic statuses is based
on a 24-h dataset. Although this maybe a shorter period than the timescale at which pCO2 variation
occurs in a carbonate system because of the buffer capacity of seawater, this study is meaningful from
the perspective of the steady state over several months in summer in the Changjiang River estuary
plume [16].

2. Materials and Methods

2.1. Study Area

Changjiang-diluted water has a strong influence on the Changjiang River estuary plume by virtue
of a water discharge of about 944 × 109 m−3 year−1 [17] that carries a large amount of nutrients and
sediments [18]. The eutrophic Changjiang-diluted water enters the upper estuary area, resulting in
phytoplankton blooms that can absorb a substantial quantity of atmospheric CO2 [19]. At the same time,
fluvial carbon input [20], as well as the decomposition and regeneration of organic matter in primary
production, causes the estuary to release CO2 into the atmosphere [21]. In addition, the Changjiang
River estuary plume has a regular semidiurnal tide [22], which results in periodic changes in sea
surface temperature and salinity. The largest monthly water discharge at Datong Station, which is
624 km from the river mouth, occurred in July, with the second largest occurring in August [23].
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2.2. Sampling Collection

Samples from M4-1 (122.13◦ E, 31.04◦ N), M4-8 (122.97◦ E, 31◦ N), and M4-13 (124.01◦ E, 31◦ N)
were collected on 26–27 July, 13–14 August, and 14–15 August in 2006 during cruises on the Changjiang
River estuary plume (Figure 1). No tropical cyclones, typhoons, or rainstorms occurred during the
sampling period [24]. Although the sampling period spanned nearly 17 days because the three stations
are regulated by regular semidiel tides, we considered the water properties of each station to be
quasisynchronized within almost one month, so each station is representative of a typical summer
in a specific location. This is consistent with approaches used by other studies in summer [25–27].
The water depths at each station were 6, 52, and 37 m, respectively. Samples from the surface layer
(2 m), depths of 5, 10, 30, and the bottom layer (with a height of 2 m above the seabed) were collected
every three hours for 24 hours. In particular, we collected 5 m when the high slack tide impacted the
M4-1 station and 4 m otherwise. In this study, M4-1, M4-8, and M4-13 denote the near-shore, front,
and offshore regions, respectively.

(a) (b) 

Figure 1. Map of Changjiang River estuary plume (a) and sampling stations (b): stations M4-1, M4-8,
and M4-13 denote the near-shore, front, and offshore regions, respectively.

2.3. Hydrographic Measurements

Seawater samples were collected using a rosette water collector. Temperature, salinity, and depth
data were measured in situ with a Hydro-bios®MWS6 conductivity-temperature-depth (CTD) recorder.
The data were recorded every three hours and monitored continuously for 24 hours. pH was
measured with an ORION Ross-type combination electrode, which was calibrated on the NBS scale.
The measurement precision was ±0.01 pH units. Total alkalinity (TA) was calculated using the
TA–salinity relationship (equation 1), which was acquired by averaging the slopes and intercepts of
the TA–salinity relationships in Table 1. The partial pressures of CO2 (pCO2) and dissolved inorganic
carbon (DIC) were calculated from pH and TA using the program CO2SYS [28].

TA (μmol kg−1) = (13.38 ± 0.15)S + (1788.40 ± 32.63) (1)

Table 1. Summary of correlation between total alkalinity (TA, μmol kg−1) and salinity.

Sampling Date Sampling Area Correlation Reference

27 August 2013 31–31.5◦ N, 121.5–124◦ E (with a
salinity of 5.17–34.26) TA = 13.3507S + 1797.39 [7]

August 2009 31◦ N, 122.5–125◦ E (Transect C) TA = 13.2S + 1744.7 [29]

8–27 April and 2–7 May 2007 30.0–31.8◦ N, 122.5–123.5◦ E (with
a salinity of 13.00–34.49) TA = 13.5875S + 1823.1 [30]
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2.4. Mass Balance Model Based on Separating pCO2-Controlling Processes

The volumetric flow equation [31] was used to calculate the air–sea CO2 exchange flux:

FCO2 = k × K0 × (pCO2water − pCO2air) (2)

where pCO2air and pCO2water are the partial pressures of CO2 in the atmosphere and surface water
(μatm), respectively; pCO2air was 380 and 377 μatm in July and August 2006, respectively (ftp://aftp.
cmdl.noaa.gov/data/trace_gases/co2/flask/surface/co2_tap_surface-flask_1_ccgg_month.txt). FCO2 is
the air–sea CO2 exchange flux (mmol m−2 day−1), where FCO2 > 0 indicates that seawater releases CO2

into the atmosphere, and FCO2 < 0 means that seawater absorbs atmospheric CO2. K0 is the solubility
coefficient of CO2 in seawater [32], and k is the gas transfer velocity. For short-term wind, k was
calculated using the empirical formula proposed by Wanninkhof [33] and revised by Sweeney [34]:

k = 0.27 × U10
2 × (Sc/660)−0.5 (3)

Sc = Sc0 × (1 + 3.14S/1000) (4)

Sc0 = 0.0476T3 + 3.7818T2 − 1.201T + 1800.6 (5)

where U10 is the wind speed (m s−1) at a height of 10 m above the sea surface (Remote Sensing Systems,
CCMP Wind Vector Analysis Product, http://www.remss.com/measurements/ccmp/); Schmidt number
(Sc) is expressed as a function of temperature (T, Celsius) and salinity (S, psu) [33,35].

We chose to use the mass balance method [36,37] that was modified for the calculation of NEP.
At the initial time (t1), the sea surface temperature (SST), sea surface salinity (SSS), and carbonate
system parameters, including dissolved inorganic carbon (DIC), total alkalinity (TA), and pCO2, are T1,
S1, TA1, DIC1, and (pCO2)1, respectively. At time t2, the above parameters are change to T2, S2, TA2,
DIC2, and (pCO2)2.

ΔpCO2 = (pCO2)2 − (pCO2)1 = ΔpCO2tem + ΔpCO2a-s + ΔpCO2mix + ΔpCO2bio + ΔpCO2non (6)

ΔDIC = ΔDICa-s + ΔDICmix + ΔDICbio (7)

The subscripts “tem”, “a-s”, “mix”, and “bio” of the specific parameter denote temperature,
air–sea exchange, mixing, and in situ biological processes (including the release of CO2 from organic
matter degradation by microbes and CO2 uptake by phytoplankton), respectively. “Δ” refers to the
change in a particular parameter within a certain period of time (from t1 to t2). On a short timescale
(three hours or each day), the nonlinear term (ΔpCO2non) is essentially zero. The four different factors
in Equation (6) were calculated as described below.

First, the thermal effect on ΔpCO2 was calculated by Equation (8).

ΔpCO2tem = (pCO2)1 × exp (0.0423 × (T2 − T1)) − (pCO2)1 (8)

where 0.0423 is the temperature dependence coefficient of pCO2 presented by Takahashi [38].
Second, air–sea CO2 exchanges only change DIC and pCO2 but have no effect on TA.

ΔDICa-s = −FCO2 × Δt/(ρ ×MLD) (9)

(DIC2)a-s = DIC1 + ΔDICa-s (10)

ΔpCO2a-s = f ((DIC2)a-s, TA1, S1, T1) − (pCO2)1 (11)

where ρ is seawater density (kg m−3), MLD is the mixed-layer depth, and (DIC2)a-s is the DIC
concentration at time t2 and is affected only by the air–sea exchange from t1 to t2. The functions
f ((DIC2)a-s, TA1, S1, T1) were calculated using the CO2SYS program [28], and the dissociation constants
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were taken from Dickson et al. [39].The evaluation of the mixed-layer depth (MLD) was based on the
sigma-t criterion proposed by Sprintall [40], and it was calculated as follows:

σt,MLD = σt,0 + ΔT × (∂t/∂T) (12)

σt = ρ − 1000 (13)

where σt,0 is the σt value in the surface layer. ΔT is the desired temperature difference, and ΔT = 0.5 ◦C
in this study. The coefficient of thermal expansion (∂t/∂T) was calculated from the surface temperature
and salinity.

Third, using the interaction with the above-mentioned Kuroshio current, the original sources
of the three end-member water masses were determined to be Changjiang diluted water (CDW),
Kuroshio surface water (KSW), and Kuroshio subsurface water (KSSW) (Figure 2). The equations and
characteristics of the three end-member mixing model are as follows (Table 2).

mCDW + mKSW + mKSSW = 1 (14)

mCDW × SCDW + mKSW × SKSW + mKSSW × SKSSW = S (15)

mCDW × θCDW + mKSW × θKSW + mKSSW × θKSSW = θ (16)

where the subscripts CDW, KSW, and KSSW denote the three end-member water masses CDW, KSW,
and KSSW, respectively; mCDW, mKSW, mKSSW respectively denote the proportion of three end-members
water masses; SCDW, SKSW, SKSSW and θCDW, θKSW, θKSSW denote the salinity and bit temperature of the
three-terminal element, respectively; S and θ denote the measured salinity and potential temperature,
respectively. From this calculation, the theoretical values of total alkalinity (TA2)mix and dissolved
inorganic carbon (DIC2)mix due to mixing during a given time period (from t1 to t2) can be determined.
Further, ΔpCO2mix can be calculated. The equations are

mCDW × (TA2)CDW + mKSW × (TA2)KSW + mKSSW × (TA2)KSSW = (TA2)mix (17)

mCDW × (DIC2)CDW + mKSW × (DIC2)KSW + mKSSW × (DIC2)KSSW = (DIC2)mix (18)

ΔpCO2mix = f ((DIC2)mix, (TA2)mix, S2, T1) − (pCO2)1 (19)

where (TA2)CDW, (TA2)KSW, (TA2)KSSW and (DIC2)CDW, (DIC2)KSW, (DIC2)KSSW denote the TA and DIC
concentrations of the three end-member at time t2, respectively.

Table 2. Three end-member characteristics of water mass from measurements obtained during cruises
in July and August 2006.

Sampling Date θ (◦C) S TA (μmol kg−1) DIC (μmol kg−1)

CDW 27.76 ± 0.20 7.88 ± 0.28 1898 ± 3.6 1863 ± 3.6
KSW 29.49 ± 0.10 33.22 ± 0.33 2232 ± 4.4 1808 ± 0.6

KSSW 19.48 ± 0.09 34.11 ± 0.05 2244 ± 0.6 2105 ± 13

Finally, the pCO2 changes caused by biological processes (ΔpCO2bio) were calculated from the
other DIC changes. Thus,

ΔDICbio = ΔDIC − (ΔDICa-s + ΔDICmix) (20)

(DIC2)bio = DIC1 + ΔDICbio (21)

ΔpCO2bio = f ((DIC2)bio, TA1, S1, T1) − (pCO2)1 (22)

where (DIC2)bio is the theoretical value of DIC at time t2 due to biological processes that occurred
during a given time period (from t1 to t2).
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According to the definition, the NEP calculation formula is

NEP = −ΔDICbio/Δt (23)

The NEP values in or under the mixed layer (mmol C m−2 day−1) were calculated using the
integral of the NEP over different water layers (mmol C m−3 day−1).

Finally, we calculated the CO2 flux caused by biological processes and its contribution to the
air–sea CO2 exchange flux as

FCO2bio = k × K0 × ΔpCO2bio (24)

FCO2non-bio = FCO2 − FCO2bio (25)

Cont = (FCO2bio/FCO2) × 100% (26)

where FCO2bio is the change in CO2 flux caused by biological processes (mmol m−2 day−1) and
FCO2non-bio is the change in CO2 flux caused by other processes. FCO2bio > 0 indicates that biological
processes, such as the degradation of organic matter by microorganisms, cause seawater to release
CO2. FCO2bio < 0 indicates that biological processes, such as absorption of CO2 by phytoplankton
photosynthesis, cause seawater to absorb CO2 from the atmosphere. Cont is the contribution of
CO2 flux changes caused by biological processes to the air–sea CO2 exchange flux. Cont > 0 means
that the variation in CO2 caused by biological processes has the same direction as the variation in
air–sea CO2 exchange, which indicates a positive feedback progress; Cont < 0 indicates a negative
feedback progress.

Under the mixed layer, potential pCO2 and pCO2bio were evaluated with the CO2SYS program
using DIC2, TA2, S2, T2 and (DIC2)bio, TA1, S1, and T1, respectively. *FCO2 and *FCO2bio for each
depth were calculated using Equations (1) and (23), and then the potential carbon flux (*FCO2) and the
potential carbon flux caused by biological processes (*FCO2bio) in the three regions at each time point
were integrated for the water layers beneath the MLD.

Figure 2. Scatter plots of potential temperature and salinity: M4-1 (triangles), M4-8 (squares), and M4-13
(circles). The labeled vertices denote the three end-members from the three water masses: Changjiang
diluted water (CDW), Kuroshio surface water (KSW), and Kuroshio subsurface water (KSSW). Isoclines
of potential density are shown in this figure.
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2.5. Error Analysis

The uncertainty in pH arose from the pH measurement process. The uncertainty in TA is from the
measured salinity and the TA–S Equation (1). The uncertainty in (TA2)mix and (DIC2)mix is introduced
during the determination of the three endmembers. The uncertainty in DIC, pCO2water, pCO2bio,
potential pCO2, and pCO2bio originates from CO2SYS with the equilibrium constants established by
Mehrbach et al. [41] and refit by Dickson and Millero [39] (i.e., with carbonic acid dissociation constants
omitted from calculations). The uncertainty in FCO2, FCO2bio, *FCO2, and *FCO2bio arises from the
calculation using the daily gas transfer velocity (k) and deviations in pCO2water and pCO2bio. In this
study, we used error propagation formulas to estimate the uncertainties [42].

Assuming that the errors of the variables X, Y, and Z are δX, δY, and δZ, respectively, for linear
sum functions, the error of R is

R = X + Y + Z (27)

δR = δX + δY + δZ (28)

For multiplication and division, the error of R is

R = (X × Y)/Z (29)

(δR/R)2 = (δX/X)2 + (δY/Y)2 + (δZ/Z)2 (30)

Overall, the uncertainty in the salinity-based TA calculation is less than 3%; the uncertainties in
(TA2)mix and (DIC2)mix are ~0.4% and ~0.8%, respectively; the uncertainty in k is ~13%; the uncertainty
of FCO2, FCO2bio, *FCO2, and *FCO2bio is ±1.61, ±2.10, ±2.61, and ±0.86 mmol m−2 day−1, respectively.

3. Results

3.1. 24 Hourly Variations in Temperature and Salinity

The trend of the surface temperature in the three regions was offshore > near-shore > front,
and the bottom temperature showed a trend of near-shore > offshore > front (Figure 3a–c). The trend
of salinity in the surface and bottom layer showed a distribution trend of offshore > front > near-shore
(Figure 3d–f). The difference between the surface and bottom temperature in the front region was the
largest, followed by the offshore region, and the temperature difference in the near-shore region was the
smallest. The temperature and salinity changes in the near-shore region fluctuated with a semidiurnal
frequency. The temperature and salinity at 06:00 and 18:00 both had extreme values (Figure 3a,d).
The relative standard deviation of surface salinity changes was as high as 25.82% in 24 hours. In the
front region, the relative standard deviation of the temperature variation at 10 m reached 8.90%, and the
salinity variation at 5 m was as high as 21.01%. In the offshore region, the temperature and salinity
changes were small in 24 hours: the relative standard deviation of the temperature at 10 m was 5.15%,
and the relative standard deviation of the changes in salinity at the surface in 24 hours was 1.01%;
the others were less than 1%.
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(a) (b) (c) 

   
(d) (e) (f) 

Figure 3. Twenty-four-hour variations in temperature in the near-shore (a), front (b), and offshore (c)
regions and salinity in the near-shore (d), front (e), and offshore (f) regions in summer.

3.2. Variation in pH, TA, DIC, and Sea Surface pCO2 within 24 Hours

In the near-shore region, the surface daily averages (standard deviations in brackets) of pH
increased from 7.92 (±0.02) to 7.95 (±0.02) at the bottom (Figure 4a), TA increased from 1936.06 (±40.21)
to 1993.43 (±15.01) μmol kg−1 at the bottom (Figure 4d), DIC increased from 1889.75 (±28.04) to 1919.82
(±9.35) μmol kg−1 at the bottom (Figure 4g), and pCO2 decreased from 996 (±71) to 868 (±53) μatm at
the bottom (Figure 4j).

In the front region, the surface daily averages (standard deviations in brackets) of pH decreased
from 8.33 (±0.11) to 7.94 (±0.03) at the bottom (Figure 4b). TA increased from 2157.80 (±34.17) to 2244.12
(±0.68) μmol kg−1 at 30 m and then decreased to 2244.06 (±0.50) μmol kg−1 at the bottom (Figure 4e).
DIC increased from 1833.97 (±68.63) to 2102.68 (±12.88) μmol kg−1 at the bottom (Figure 4h), and pCO2

increased from 283 (±87) to 735 (±59) μatm at the bottom (Figure 4k).
In the offshore region, the surface daily averages (standard deviations in brackets) of pH decreased

from 8.38 (±0.03) to 8.05 (±0.02) at the bottom (Figure 4c), TA increased from 2229.48 (±4.72) to 2240.15
(±0.53) μmol kg−1 at the bottom (Figure 4f), and DIC increased from 1791.73 (±24.87) to 2018.65 (±13.21)
μmol kg−1 at the bottom (Figure 4i). Daily average pCO2 was 227 (±23) μatm at the surface, and it
decreased to 226 (±32) μatm at 5 m and then increased to 566 (±38) μatm at the bottom (Figure 4l).

Overall, from the vertical distribution of the water column, pH was generally highest at the surface
and lowest at the bottom. On the contrary, TA, DIC, and pCO2 were generally lowest at the surface and
highest at the bottom. Spatially, pH and TA generally increased from the near-shore to the offshore
region. On the contrary, DIC and pCO2 generally decreased from the near-shore to the offshore region.
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Figure 4. Twenty-four hour variations in pH in the near-shore (a), front (b), and offshore (c) regions;
TA in the near-shore (d), front (e), and offshore (f) regions; DIC in the near-shore (g), front (h),
and offshore (i) regions; and sea surface pCO2 in the near-shore (j), front (k), and offshore (l) regions
in summer.
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3.3. Variation in NEP within 24 Hours

In the near-shore region, there were negative NEP values, and the NEP at the bottom was slightly
larger than that at the surface (Table 3). The minimum NEP value was −0.36 mmol C m−3 day−1 at 12:00
at the surface, and the maximum value was 0.13 mmol C m−3 day−1 at 15:00 at the bottom (Figure 5a).

Table 3. Minimum, maximum, mean, and standard deviation of NEP in the three regions in summer
(mmol C m−3 day−1).

Regions Depth Minimum Maximum Mean Standard Deviation

Near-shore
Surface −0.36 0.09 −0.12 0.16
Bottom −0.34 0.13 −0.17 0.18

Front

Surface −0.04 1.89 1.07 0.62
5 m 0.19 1.26 0.65 0.38
10 m −0.32 0.28 −0.05 0.20
30 m −0.15 0.21 −0.01 0.12

Bottom −0.16 0.11 −0.08 0.09

Offshore

Surface −0.14 0.43 0.16 0.19
5 m −0.08 0.52 0.22 0.17

10 m −0.54 0.28 −0.08 0.31
Bottom −0.31 0.03 −0.09 0.12

   
(a) (b) (c) 

Figure 5. Twenty-four-hour variation in NEP in the near-shore (a), front (b), and offshore (c) regions
in summer.

In the front region, the maximum NEP value (1.89 mmol C m−3 day−1) was observed at 03:00
at the surface, and the minimum value (−0.32 mmol C m−3 day−1) was observed at 21:00 at 10 m
(Figure 5b). In the vertical direction, the daily variation in the surface NEP was slightly larger than
that at the bottom. In the front region, the daily mean NEP from the surface to the bottom generally
decreased, and the 24-h variation in NEP in the mixed layer (Table 3) was larger than that under the
mixed layer (Table 4).

Table 4. Mixed layer depth (m) at each measurement time within 24-h in three regions.

Regions 00:00 03:00 06:00 09:00 12:00 15:00 18:00 21:00

Near-shore 2.73 2.14 2.06 2.06 2.72 2.09 2.06 2.09
Front 8.49 2.94 2.18 2.36 2.83 2.07 5.11 2.35

Offshore 3.29 6.03 8.84 5.03 3.05 2.45 6.67 3.44

In the offshore region, the maximum NEP (0.52 mmol C m−3 day−1) was observed at 09:00 at 5 m,
while the minimum NRP (−0.54 mmol C m−3 day−1) was observed at 10 m (Figure 5c). The largest
variation in NEP within 24-h was at 10 m, and the smallest variation was at the bottom (Table 3).
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4. Discussion

4.1. Variations in FCO2bio and FCO2 in the Mixed Layer

FCO2 is strongly positive in each timeslot (Figure 6a), indicating that this region acts as a source of
atmospheric CO2 [43,44] because the near-shore region is affected by the CDW [45] which has abundant
pCO2 [25,26]. FCO2bio is strongly positive most of the time (Figure 6a), meaning that heterotrophic
respiration releases CO2 to the atmosphere for most of the day in the near-shore region. Because
this study region is located in the largest turbid zone of the Changjiang River estuary plume [46,47],
we infer that the mixing effect and extremely limited light may reduce the primary production by
phytoplankton photosynthesis and that planktonic community respiration may dominate the biological
processes, which maintain a high pCO2 value in the near-shore region.

   
(a) (b) (c) 

Figure 6. Twenty-four hour variations in FCO2, FCO2bio, and FCO2non-bio in the near-shore (a), front (b),
and offshore (c) regions in summer.

The 24-h FCO2 in the front region is almost negative (Figure 6b), indicating that the front region
acts as a sink for atmospheric CO2. The 24-h FCO2bio in the front region is also almost negative which
indicates the biological processes absorb CO2 (Figure 6b). Because of the high values of NEP (Figure 5b,
Table 3) and Chl a [6] in this region, we infer that the front region has a great capacity for biological
productivity and that a large amount of CO2 is fixed in the surface water by phytoplankton.

Most FCO2 values in the offshore region are mostly slightly less than 0 (Figure 6c), indicating that
the offshore region acts as a sink for atmospheric CO2. This finding is in agreement with the study by
Song et al. [2]. FCO2bio in the offshore region was mostly slightly less than 0 (Figure 6c), indicating that
the photosynthesis rate of fixed CO2 by phytoplankton is higher than degradation rates of organic
matter releasing CO2 by microbial action in the offshore region.

4.2. The Contribution of Biological Processes to the Air–Sea CO2 Exchange Flux in the Mixed Layer

FCO2 in the mixed layer of the three regions shows that the near-shore region acts as a strong source
of atmospheric CO2 (Figure 6a) and that the front and offshore regions act as sinks for atmospheric CO2

(Figure 6b,c), similar to the results of other studies [1,48,49]. The daily average Cont in the mixed layer
shows that the biological processes have a positive feedback effect on air–sea CO2 exchange in the
near-shore, front, and offshore regions (Table 5). This agrees with the conclusion of Borges et al. [15].
The air–sea CO2 flux is inversely proportional to the NEP in the mixed layer, indicating that the
contribution to the variation in air–sea CO2 flux in these coastal waters is dominated by biological
processes during a diel cycle. However, the average Cont in the offshore region is lower than that
in the near-shore and front regions. This could be related to the fact that primary production in the
offshore region is very low, even in summer, and other effects such as wind, temperature, and water
mixing may play more important roles in controlling air–sea CO2 flux.
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Table 5. The contribution of CO2 flux variation caused by biological processes to FCO2 (Cont) in the
mixed layer.

Regions 00:00 03:00 06:00 09:00 12:00 15:00 18:00 21:00 Mean

Near-shore 96% 42% −16% −6% 90% 39% 5% 4% 32%
Front 360% 63% 79% −269% −341% 126% 78% 175% 34%

Offshore 19% 13% 15% 25% 1% −20% 1% 19% 9%

4.3. Potential Carbon Sources under the Mixed Layer

Under the mixed layer (Table 4), the water column is determined to be a potential carbon source
of atmospheric CO2 in the three regions (Figure 7a–c). The variations in *FCO2 and *FCO2bio show that
the near-shore, front, and offshore regions could be potential atmospheric carbon sources, and a large
amount of CO2 produced by biological processes (e.g., respiration) is stored under the mixed layer
(Figure 7). Although the surface water in the front and offshore regions acts as a sink for atmospheric
CO2, respiration under the mixed layer will result in the degradation of organic matter with substantial
CO2 release, which could be observed when vertical mixing occurred [27]. Hence, the CO2 sink region
in the Changjiang River estuary plume will become a source region when there is a tropical storm
or an upwelling process. In a relevant study of the East China Sea, Chen et al. [4] also proposed that
phytoplankton and planktonic bacteria could store dissolved inorganic carbon in the subsurface and
might affect the surface air–sea CO2 flux. Further, the daily means (standard deviations in brackets)
of the potential contribution of biological processes to air–sea CO2 exchange flux in the near-shore,
front, and offshore regions are 34% (±43%), 8% (±13%), and 19% (±24%) in 24 hours, respectively,
indicating that local respiration accounts for a large part of the total potential CO2 release under the
mixed layer. Other factors probably include KSSW intrusion, temperature elevation, and so on, which
need further exploration.

   
(a) (b) (c) 

Figure 7. Twenty-four-hour variations in potential carbon flux (*FCO2) and the biological contribution
to carbon flux (*FCO2bio) in the near-shore (a), front (b), and offshore (c) regions in summer.

4.4. Trophic Status Assessments and the Relationship between Cont and NEP

The mixed layer in the front and offshore regions is an autotrophic system (Table 3), but that in
the near-shore region is a heterotrophic system. On the whole, we consider the Changjiang River
estuary plume to be an autotrophic ecosystem in summer, similar to the conclusion of Li et al. [11],
in August 2006. The daily mean NEP values of the study region are negative under the mixed layer,
indicating that they are heterotrophic systems, which is in agreement with Chou et al. [27]. However,
the positivity or negativity of the NEP values changes throughout a 24-hour period, and the trophic
status of the same region varies as well. The Changjiang River estuary plume has a complex current
structure featuring multiple eddies [50] or low salinity water detachment (LSW) [16]; however, eddies
and LSW are on the mesoscale in terms of time and space (e.g., a couple of weeks and hundreds
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of kilometers). In 24 hours, eddies and LSW have little effect on the variation in water properties.
Therefore, we suggest that trophic statuses in a day are regulated by the tide.

In order to explore the influences of trophic status on Cont, we compared the Cont and NEP in
the mixed layer in the region (Figure 8). The significant correlations between Cont and NEP in the
mixed layer in the near-shore and offshore regions show that trophic status can be used as an index
of the contribution of biological process to the air–sea CO2 flux. Cont in the near-shore region has a
significantly negative correlation (r2 = 0.94, p < 0.05) with NEP, indicating that the more heterotrophic
the system, the greater the influence on the contribution of biological processes (e.g., organic matter
degradation by microorganisms) to FCO2. When there is no biological contribution to FCO2 (Cont = 0),
the NEP background value is −0.003 mmol C m−3 day−1. In the front region, the correlation between
Cont and NEP is not significant (Figure 8c). This could be because there are opposing processes causing
the trophic status on the east and west sides of the front region, the west side of the front region is
dominated by the degradation of organic matter, while the east side is dominated by the absorption of
dissolved inorganic carbon. When the tide has a continuous impact on the front region, the NEP in
the front region would present a large fluctuation. The NEP of offshore region was significantly and
positively correlated with Cont (r2 = 0.94, p < 0.05), indicating that the more autotrophic the system,
the greater the contribution of the biological processes (e.g., primary production) to FCO2. Assuming
that there are no biological processes in the offshore region (Cont = 0), the background value of NEP
was also 0.03 mmol C m−3 day−1 (Figure 8c). In addition, the slopes of NEP and Cont show that the
biological processes have a stronger influence on the variation in the air–sea CO2 exchange flux in
the near-shore region than that in the offshore region when the two systems have an equal trophic
status level.

   
(a) (b) (c) 

Figure 8. Correlations between Cont and NEP in the near-shore (a), front (b), and offshore (c) regions
in the mixed layer in summer.

5. Conclusions

Using a mass balance model, we calculated the NEP, FCO2bio, and FCO2 at eight time-points per day
in the near-shore, front, and offshore regions of the Changjiang River estuary plume in summer. Then,
we calculated the contribution of biological processes to FCO2 in the three regions. In the mixed layer,
both FCO2 and FCO2bio significantly varied at different times within the 24-h period. The near-shore
region was found to be a source of atmospheric CO2, and the offshore region is a sink for atmospheric
CO2. The front region is a sink for atmospheric CO2 on the whole, but it transforms between a source
and a sink from time to time. The biological processes in the mixed layer in the three regions were
shown to have an overall positive feedback effect on the variation in the air–sea CO2 exchange flux.
Within the 24 hour period, the mean values of FCO2 and FCO2bio were both positive in the near-shore
region, indicating that CO2 was being released into the atmosphere, and microbial degradation of
organic matter accounted for a large part of this. In the front and offshore regions, the daily mean values
of FCO2 and FCO2bio were both negative, indicating that these areas absorb CO2 from the atmosphere
and that phytoplankton also fixes CO2 from the atmosphere into the ocean. The daily averages of Cont
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of stations from west to east were 32% (±40%), 34% (±216%), and 9% (±13%), respectively. Cont reached
360% in the front region. Under the mixed layer, the near-shore, front, and offshore regions could
be potential carbon sources for the atmosphere. Therefore, the CO2 sink region might become a
source when there is a tropical storm or upwelling process that overturns the water from the deep.
Under the mixed layer, the daily means of the potential contribution of biological processes to air–sea
CO2 exchange flux were 34% (±43%), 8% (±13%), and 19% (±24%) within the 24-h period, respectively.
In addition, in the mixed layer, the near-shore region was shown to be a typical heterotrophic system,
while the front and offshore regions are both autotrophic systems. Conversely, in all three regions,
under the mixed layer is heterotrophic. However, at different time points, the trophic statuses change,
even in the same region.

At a short timescale or in a steady-state environment, these conclusions can accurately represent
the influence of biological processes on the variation in air–sea CO2 exchange flux and can be used
to assess the trophic statuses in the Changjiang River estuary plume in summer. Nevertheless,
the biochemical and hydrological conditions in coastal regions constantly change at high frequency;
thus, the use of data with high spatial and temporal resolutions is necessary to study the contribution
of biological processes to the air–sea CO2 exchange flux and to more accurately quantify the potential
carbon stock of deep water bodies. Further, variations in long-term trophic statuses require additional
exploration, especially in coastal waters, given the intensity of human activities and quickly progressing
climate change.
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Abstract: The aim of this community modeling study was to evaluate potential mechanisms by which
freshwater outflow in the upper San Francisco Estuary, CA, controls the fall habitat and abundance of
subadult delta smelt Hypomesus transpacificus and its community. Through analyses of the community
matrix, community stability and the direction of change of community variables were qualitatively
and quantitatively modeled under four outflow–input scenarios. Three subsystems were modeled in
the low salinity zone (1–6 psu), each overlapping the location corresponding to the distance from
the mouth of the estuary to upstream positions where the near-bottom 2 psu isohaline (X2) is at 74,
81, and 85 km (corresponding to high-, mid-, and low-outflows). Results suggested communities
were qualitatively stable at each X2 position, but simulations showed the percent of stable models
decreased from low- to high-X2 positions. Under all outflow–input scenarios, the predicted qualitative
population responses of delta smelt were: (1) consistently positive for the low X2 position, and (2)
uncertain under both mid- and high-X2 positions. Qualitative predictions were generally consistent
with quantitative simulations and with the relations between relative abundance of delta smelt and
X2. Thus, high outflow seems beneficial to subadult delta smelt when X2 reaches 74 km during fall.

Keywords: biological communities; transitional waters; community matrix; qualitative model;
species interactions; freshwater flow; low salinity zone; simulation; ecological assessment;
adaptive management

1. Introduction

The complexity of estuarine ecosystems is influenced by the broad range and extent of
anthropogenic effects in these transitional waters [1,2], including morphological and hydrological
alteration [3,4], entrainment of plankton and nekton to water pumps [5,6], contaminants [3,7], introduced
species [8,9], and climate change [10,11]. Changes in freshwater flow, natural or otherwise, can perturb
the estuarine salinity gradient [12,13], and influence the abundance and distribution of estuarine
organisms through a variety of flow-mediated processes (e.g., [9,14,15]). Moreover, estuarine food webs
can be sensitive to small variations in the freshwater input [16,17]. Thus, understanding how freshwater
flow controls species abundance, their distribution and interactions requires explicit consideration
of spatial and temporal scales and abiotic and biotic habitat components. Impaired freshwater flows
can diminish the amount of habitat and the habitat quality for estuarine-dependent species [18,19].
Effects of impaired flows on fish populations include reductions in growth [20,21], survival [21],
abundance [10,21], and biomass [22]. This highlights the variety of ecological roles freshwater flows
may have on the population dynamics and sustainability of estuarine-dependent species.

The identification of specific ecological mechanisms linking species responses to freshwater flow in
estuaries remains challenging due to the highly complex nature of such ecosystems [17,23]. In particular,
there is a pressing need for analytical tools to evaluate ecological hypotheses in such ecosystems,
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and to inform adaptive management of freshwater flows to conserve fish species at risk of extinction
(e.g., [9,24]). Because species interactions are notoriously difficult to quantify [25], qualitative analysis of
the community matrix is particularly suited to model ecological interactions since essential community
properties can be determined by ecosystem topology and sign structure of the interactions, rather than
by the values of variables and parameters themselves [26–28]. Analysis of qualitative interactions
provides a mathematically rigorous foundation for understanding ecosystem behavior [29–31] and has
been used in a wide range of aquatic ecosystems to evaluate how community stability and community
variables respond to abiotic and biotic perturbations, including, nutrient input in freshwater food
webs (e.g., [26,32]); introduced species in freshwater communities (e.g., [30,33]) and environmental
disturbance in kelp–urchin communities [34]. Qualitatively models in transitional waters have included
evaluations of community responses to dumping of mine wastes in shallow-coastal communities
(e.g., [35,36]); and increased ocean acidification in an estuarine community [37]. However, there is a
need for further metrics to interpret community responses and to determine whether the predicted
influence of a perturbation on a given community variable or species of interest is consistent with
field observations.

The upper San Francisco Estuary (hereafter upper SF Estuary; California; Figure 1) is an imperiled
ecosystem and the central hub of California’s water supply infrastructure [38]. Outflow is the most
ecologically important source of freshwater to the SF Estuary and represents the net flow at Chipps
Island in the Suisun Region (river km 74; Figure 1) after subtracting water diversions and depletions in
the upper SF Estuary and its watershed [6,9]. An ecologically meaningful metric of outflow forcing
on the upstream distribution of the salinity field in the SF Estuary is X2, which is defined as the
distance (km) from the mouth of the estuary (Golden Gate Bridge), to upstream locations where
the near-bottom tidally averaged salinity is 2 psu [39]. The upper SF Estuary is home to several
threatened and endangered species including the endemic delta smelt Hypomesus transpacificus, an
osmerid particularly sensitive to human impacts due to its low fecundity, predominant annual life
cycle, and limited spatial distribution [38,40]. Spawning of delta smelt occurs mostly in freshwater
during spring and their planktonic larvae tend to gradually move downstream into the low salinity
zone (hereafter LSZ, 1–6 psu), [24], where juveniles and subadults generally rear during summer and
fall. Despite major long-term changes in pelagic food webs in the upper SF Estuary, calanoid copepods
remain one of their most important prey [41]. Delta smelt was listed as threatened (federal and state)
in 1993 and up-listed to endangered (state) in 2010 [42].

Understanding the ecological processes underlying the response of delta smelt to fall outflows is
relevant to adaptive management in the upper SF Estuary [24,43], and such management actions are
intended to improve fall habitat of delta smelt when preceding precipitation and runoff conditions
result in high outflows [43]. Outflow controls the location and range of the LSZ (Figure 1), the extent of
the abiotic habitat available for subadult delta smelt [10,44], and the position of X2 which controls the
upstream distribution of subadult delta smelt during the fall [45]. Nevertheless, because X2 has not
been found to be a simple predictor of delta smelt abundance, the need to investigate more complex
mechanisms or additional variables has been suggested [39,44]. The high outflows observed in the
upper SF Estuary during 2011 prompted monitoring of abiotic and biotic factors, which along with
long-term monitoring in the SF Estuary, enabled the performance of interannual comparisons of
abiotic and community responses to changes in the position of fall X2 [24]. Although several of the
predicted abiotic and biotic responses in that study could not be confirmed from available field data,
the abundance of delta smelt in 2011 and early 2012 was one the highest reported since the early 2000s.
Yet, delta smelt became very rare during the 2012–2016 drought and failed to increase its abundance
during the wet year 2017, indicating the need to evaluate new management options (e.g., [7,9,46]).

Given the complex abiotic and biotic responses to fall outflow in the upper SF estuary [24,38],
there is a pressing need for further analytical approaches to evaluate how outflow controls the
essential community structure and functional group interactions influencing delta smelt in the LSZ
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under particular outflow scenarios (hereafter delta smelt subsystems), and to investigate the likely
mechanisms controlling the population response of delta smelt in different subsystems (Figure 1).

 

38o15’N

38o00’N

37o45’N

37o30’N

122o30’W 122o00’W 121o30’W

Chipps
Island

Golden Gate

74 81 85

64

California

94

Figure 1. The San Francisco Estuary showing the Suisun Bay and Delta regions in the upper estuary.
Dashed lines denote the positions of the 2 psu isohalines (X2) considered in community models (74, 81,
and 85 km) and the range of the average X2 position in September–October (64–94 km) from 1967 to
2017. Map adapted from [24].

The objectives of this study were to evaluate: (1) the stability of the delta smelt subsystems in the
LSZ when fall outflows are alternatively maintained at low-, mid-, and high-X2 positions corresponding
to 74, 81, and 85 km, (2) the predicted direction of change and its uncertainty for the abundance of
delta smelt and other species and trophic levels in each subsystem under four outflow input scenarios,
and (3) whether field patterns of relative abundance for delta smelt and X2 are consistent with the
predictions of community models. Three community metrics were adapted to model the response of
delta smelt and other community variables to outflows, first, the weighted prediction matrix [47] was
modified to denote both the direction of change and its uncertainty in a signed weighted prediction
matrix (Ws), second, a modified community matrix specifying press inputs (AP) was used to estimate
the combined effect of outflow press perturbations on two or more community variables, and third, the
proportional net change of adjoints in the negative community matrix (Δp̂) was used as a measure of
the determinacy in the direction of change of variables in quantitative simulations. Finally, statistical
relations between the field relative abundance of subadult delta smelt and X2 enabled to evaluate the
predicted population response of delta smelt in each of the modeled subsystems.
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2. Material and Methods

2.1. Study Area

The SF Estuary is the largest estuary in the west coast of the United States (Figure 1), and has
been profoundly altered physically, chemically, and biologically [6,8]. Multiple stressors in the upper
SF Estuary have been implicated in the pelagic organism decline occurring in the early 2000s [48,49].
Reservoirs upstream of the SF Estuary, and substantial water diversions within an extensive network
of interconnected channels surrounding leveed agricultural islands (the Delta) have greatly altered
the hydrodynamics of this estuary [13,50]. Two dataset are central to the evaluation of hydrologic
conditions in the SF Estuary: (1) Dayflow, a 2-D mass balance model of freshwater outflows from the
tributaries of the Upper SF Estuary [51], and (2) the California Data Exchange Center, a query-based
portal which maintains, and operates an extensive hydrologic data collection network [52]. In addition,
the Interagency Ecological Program (IEP) provides long-term monitoring data of pelagic, planktonic,
and benthic organisms in the SF Estuary [53]. The field data generated by the IEP have been collected
consistently over time at multiple locations representing the study areas in the upper SF Estuary
(e.g., [24,38,54]). The temporal and spatial coverage of these field surveys has enabled to evaluate the
role of hydrodynamic forcing on the distribution and relative abundance of planktonic, pelagic, and
benthic species (e.g., [24,38,55–57]). Additional monitoring of aquatic macrophytes by the University
of California at Davis, has been conducted extensively using a combination of field sampling and
remote sensing in the upper SF Estuary (e.g., [58,59]).

The LSZ area varies greatly with outflow, and is about 90 km2 when X2 is positioned at 74 km,
50 km2 when X2 is positioned at 81 km, and 40 km2 when X2 is positioned at 85 km [24]. Altered fresh
water outflow in the upper SF Estuary has greatly changed the abiotic habitat for pelagic fishes [9,54],
and facilitated the introduction of species [60,61]. A high proportion of pelagic and planktonic
organisms in the upper SF Estuary are also lost due to prevailing upstream flows in the south Delta
caused by massive water pumps [5,6]. As is the case of the lower SF Estuary, most communities in the
upper SF Estuary are dominated by introduced species [61,62]. The introduced macrophyte Egeria
densa was first reported in the Delta in 1946 [63] and became the most abundant submersed plant in
the Delta, where it has greatly altered community structure and functions [58,64,65]. The introduction
of the clam Potamocorbula amurensis in the late 1980s caused major trophic changes in the benthic and
pelagic communities of the SF Estuary [60,66], greatly adding to the filter feeding activity of the clam
Corbicula fluminea, an earlier introduction in the upper SF Estuary [67]. In addition, the cyanobacterium
Microcystis aeruginosa was first observed in the Delta in 1999 [68] and produces toxic algal blooms that
can be harmful to upper trophic levels [69,70].

2.2. Community Matrix Models

The community structure and interactions in this study were based on qualitative analysis of the
community matrix [29,71]. Given a classical dynamical ecosystem of n interacting variables (Ni), the
change in the equilibrium level of species ni

* is
dn∗i
dt

= f i(n1, n2, . . . , nn; c1, c2, . . . , cn) (i = 1, n). (1)

where the ni represent species abundances or abiotic factors. The ci are parameters that govern
biological rates (e.g., birth, mortality, growth), and depend on the species and environment [72,73].
Modeled subsystems were represented by a signed digraphs, where element aij of a qualitatively
defined community matrix (Ao) of order n denotes the net effect to variable i from variable j (for i and j
from 1 to n). For example, a subsystem composed of three trophic levels can be represented by three
variables and their interactions (Figure 2). Three possible qualitative effects to variable i from variable j
were assigned to each matrix element: ai,j = 1, ai,j = −1 and ai,j = 0, which in the neighborhood of any
equilibrium point respectively denote positive, negative, and no effect on the instantaneous growth of
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variable i due to increase in the level of variable j. The stability of the community matrix was evaluated
using the characteristic polynomial:

p(λ) = |Ao − λI| = a0λ
n + a1λ

n − 1 + a2λ
n − 2 + . . . an = 0 (2)

where, Ao is as defined earlier, I is the n-dimensional identity matrix, and λ are the roots or
eigenvalues [71]. Following a perturbation, negative real roots means the community can return to
equilibrium. Conversely, positive real roots indicate the ecosystem moves away from equilibrium, as
in unstable ecosystems. Multiple zero roots can result in unstable equilibrium [73], and zero overall
feedback indicates neutral stability [74].

Figure 2. Example of (A) a 3 × 3 community matrix (Ao) showing qualitative interaction terms for
3 variables such as species or trophic groups, with diagonal matrix elements −a11, −a22, and −a33

representing negative self-effects of each variable and zero denoting no effect, and (B) its corresponding
signed-digraph. Open circles denote variables (Ni), with lines between variables ending in arrows and
bubbles respectively denoting positive and negative effects, and curved lines originating and ending in
the same variable denoting self-effects, after [29].

2.3. Community Structure and Outflow Scenarios

Qualitative analysis was used to model three flow-dependent fall community structures in the
upper SF Estuary under high-, mid-, and low-net Delta outflows corresponding respectively to X2
positions of 74, 81, and 85 km [24]. The three essential components of qualitative models (community
variables, interactions or links, and driving force or perturbation) were based on the following five steps:

(1) Compilation of long-term data and studies in the upper SF Estuary, including: monitoring
data for delta smelt and other species [53], outflow and X2 data [51], interpretation of the
spatio-temporal distribution of the salinity field in the LSZ based on the three-dimensional
UnTRIM hydrodynamic model for the upper SF Estuary [24,75], and baseline knowledge of the
modeled ecosystem (e.g., [6,10,39,40,54,55,63,76,77]).

(2) Consideration of dynamic and stationary factors for developing conceptual models of estuarine
communities [78], where dynamic factors include physico-chemical and biological characteristics
of the low salinity habitat corresponding to the LSZ each X2 position, and stationary factors
include geographically fixed habitat features at each X2 position such as substrate, erodible
sediment, and bathymetry in the low salinity habitat [24,38].

(3) Refinement of conceptual models into different subsystems describing the essential community
variables influencing subadult delta smelt based on ecological syntheses of long-term field data
and studies [24,38]. Community variables selected for each of the three modeled subsystems
were based on functional groups (e.g., [74,79]), and their predominant spatio-temporal overlap
with dynamic and stationary abiotic and biotic factors. Except for delta smelt and species with
significant ecological impacts (the cyanobacterium M. aeruginosa [80], the clams P. amurensis and
C. fluminea [56], and the macrophyte E. densa [58], Table 1), other functional groups included
trophic levels to minimize redundant species interactions (e.g., [74,81]), (Table 1).
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(4) Reformulation of conceptual models into signed digraphs based on qualitative model guidelines
(e.g., [71,79,93]). Negative self-effect (self-damping) was assumed to arise for each variable from
density-dependent growth rate or a limited source, as in the case of nutrients [71]. Each community
variable was then implicitly connected to other variables or abiotic factors through negative
feedback [71,74]. Reported community interactions considered for the modeled subsystem
included: predation (+, −); interference competition (−, −); and amensalism (0, −), (Appendix A).

(5) Estimation of the direction of change of community variables (+, 0, −) in response to increased
outflow (Table 1). Four outflow input scenarios were modeled, with the first scenario accounting
for the effect of outflow on the previously referred species having significant ecological impacts.
The outflow inputs for the three subsequent scenarios were used to evaluate whether cumulative
outflow inputs in each subsystem could reinforce or reverse potential responses on delta smelt and
other community variables. These scenarios included: scenario 1 + phytoplankton (scenario 2),
scenario 2 + zooplankton (scenario 3), and scenario 3 + delta smelt (scenario 4).

2.4. Qualitative Analyses

The modeled subsystem at each X2 position was considered stable if the two Routh–Hurwitz
(R–H) criteria [94] were met. The first R–H criterion requires all roots of the characteristic polynomial be
different from zero and have the same sign. The second R–H criterion requires all Hurwitz determinants
be positive, resulting in stronger feedback at lower feedback levels than at higher levels. The effect of
sustained input (Ch), on the rate of change of a hth variable corresponding to the jth variable in the
community matrix was predicted assuming an ecosystem in moving equilibrium [29,71]. Such input
could result in positive, negative, or no effect on the equilibrium magnitude or carrying capacity (Ni

*)
of a species. The inverse of the negative community matrix (−Aij

−1) provides an estimate of change in
the equilibrium level of variable Ni

* carrying capacity due to change in parameter Ch [95].

dN∗i
dCh

=
−CT

ji∣∣∣−Aij
∣∣∣

(3)

where −Cji
T is the adjoint of the negative community matrix (Adj − Aij), and |−Aij| is the determinant

of the negative community matrix. Since |−Aij| is constant and positive for each element of −A−1 in
stable ecosystems, the predicted response under local equilibrium was inferred from the Adj − A:

Adj−Aij = (−Aij
−1)

T
(4)

which corresponds to the transpose of the negative cofactor matrix [33]. The absolute number of
positive and negative complementary feedback cycles (Tc) which contributes to each element of the Adj
− A was used to derive model uncertainty. Because Tc differed from zero in all present models, it was
deemed practical to modify the weighted prediction matrix [47] to express both the direction of change
in response to input and its uncertainty by defining a signed weighted prediction matrix (Ws):

Ws =

−→
Adj −A

Tc
(5)

where Adj − A is as defined in Equation (4), and “→” is a vectorized matrix operator denoting
element-by-element division for each element of the Ws matrix [47], and Tc is as defined earlier and � 0.
Hence, both the lowest Ws value (−1, negative response) and highest Ws value (+1, positive response)
indicate unconditional sign determinacy and Ws = 0 denote total uncertainty in the direction of change,
while absolute values of Ws ≥ 0.5 and < 1 are indicative of high level of sign determinacy, after [27].

To estimate the overall influence of a press input (Pk) due to a disturbance k acting directly upon
two or more variables, the combined effect of Pk on the direction of change for community variable i
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and their corresponding uncertainty level was computed from the corresponding matrix element Wsik
(Equation (5)) and these were derived from a modified community matrix specifying press inputs (AP):

AP =

⎡
⎢⎢⎢⎢⎢⎢⎢⎢⎢⎢⎢⎢⎣

a11 . a1n P1k
. . . .

an1 . ann Pnk
0 0 0 −1

⎤
⎥⎥⎥⎥⎥⎥⎥⎥⎥⎥⎥⎥⎦

(6)

where a11 to ann represent the interaction elements aij of community matrix Ao, and Pik denotes the
press input k on community variable i, which in a qualitatively defined ecosystem is specified as having
positive (1), negative (−1) or no effect (0). The last row of matrix AP includes zero elements to denote
no effect of community variables on Pk, and a negative element (−1) to preserve the stability of matrix
AP provided the community matrix Ao is stable. Qualitative analyses were conducted in Maple 18 [47].

2.5. Quantitative Simulations

Simulations using AP further enabled to quantitatively assess the stability of the community and
the direction of change of its variables relative to the qualitatively specified matrix with same structure
and sign of interactions. Simulations were performed by assigning interaction strengths between 0.01
and 1.0 to non-zero elements using a pseudorandom number generator from a uniform distribution [31].
The overall direction of change and determinacy in a quantitatively-specified ecosystem was derived
from the proportional net change for each community variable (Δp̂):

Δp̂ik =
f (+Adj−Aik)

∗ − f (−Adj−Aik)
∗

N
(7)

where f (+Adj − Aik)* and f (−Adj − Aik)* respectively denote the absolute frequencies of positive and
negative Adj − Aik in stable matrices, and N is the total number of simulations for each perturbation
scenario, including stable and non-stable matrices (N = 10,000). As in the case of Ws, the value of Δp̂
provided both the overall direction of change and its uncertainty for each community variable, with
extreme potential values (Δp̂ = −1, negative response and Δp̂ = 1, positive response) both indicating no
uncertainty in the direction of change among simulations, Δp̂ ≥ |0.5| and < |1|indicating low uncertainty,
and Δp̂ = 0 denoting total uncertainty. Quantitative simulations were performed in a program written
in C# version 3.0 [96].

2.6. Statistical Analyses

To determine the extent to which the predicted response to outflow input by each variable in
qualitative models represented the overall direction of change in quantitative simulations, Δp̂ was
plotted vs. Adj − A for all scenarios at each X2 position. Values of Δp̂ were also plotted vs. Ws to
compare the direction of change and uncertainty between qualitative and quantitative predictions.
These variables were fitted at each X2 position using Lowess smoothing. The predicted population
response for subadult delta smelt by community models at each X2 position was compared with the
relative abundance for subadult delta smelt as a function of X2 to evaluate model predictions. Relative
abundance data for subadult delta smelt, monitored since 1967, was obtained from the California
Department of Fish and Wildlife’s Fall midwater trawl index for the period 1967–2017 [97]. The average
position of X2 during September–October was derived from the California Department of Water
Resources Dayflow program [51]. Linear regression analysis was used to evaluate the slope of the
relative abundance for delta smelt during fall (Y) versus the average X2 position in September–October
(X). Regressions were conducted for three ranges of X2, which included the three X2 positions in
community models (X2 ≥ 74, ≥81, and ≥85 km). The entire historical record of subadult delta smelt
abundance as a function of the average September–October X2, was further considered as a baseline
relative to the three X2 positions evaluated in the present community models and a previous fall
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outflow evaluation [24]. Data were analyzed and plotted using Curve Expert Professional (version 2.6;
D.G. Hyams).

3. Results

3.1. Community Stability

Compared to the models at the low X2 position, the modeled communities at the mid- and high-X2
positions included a higher number of introduced species and more non-trophic interactions (Figure 3,
Appendix A). Although all qualitative community models were stable, the percent of stable simulations
decreased greatly from downstream (low X2) to upstream (high X2) positions in the LSZ, and such
decrease in stability seemed primarily due to the increasing percent of models with stronger high-level
feedbacks than low-level feedbacks at the mid- and high-X2 positions (Table 2).

 

Figure 3. Alternative fall community models for the Delta smelt subsystem under three scenarios of
the salinity field in upper San Francisco Estuary. Dashed arrows show where the low salinity zone
overlaps the position of the 2 psu isohaline (X2) at (A) high X2 (85 km), (B) mid X2 (81 km), and (C) low
X2 (74 km) at low-, mid- and high-outflow, respectively. Community variables included in signed
digraphs: CF = Corbicula fluminea; DS = Delta smelt; ED = Egeria densa; MA =Microcystis aeruginosa;
PA = Potamocorbula amurensis; PH = phytoplankton; PR = predators of delta smelt; ZO = zooplankton.
Salinity field after [75].
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Table 2. Percent of quantitative community models meeting zero, one and both Routh–Hurwitz (R–H)
stability criteria at three X2 positions in the low salinity zone of the upper San Francisco Estuary (based
on 10,000 simulations at each X2 position).

R–H Criteria Low-X2 (74 km) Mid-X2 (81 km) High-X2 (85 km)

None 2.7 39.9 48.2
Only I 0.3 3.5 10.6
Only II 0.0 0.0 0.0

Both 97 56.6 41.2

3.2. Community Response to Outflow

The predicted change in abundance for delta smelt and other community variables to outflow
input varied greatly among the three X2 positions (Figure 4), both in the case of qualitative models
(Figure 5) and simulations (Figure 6). In response to outflow input for the delta smelt subsystem at
the low X2 position (Figure 4), the predicted direction of change in the abundance of all community
variables was positive, except for the clam P. amurensis, with predicted responses of species and
trophic levels generally showing high sign determinacy, particularly for delta smelt, its predators,
and zooplankton across most outflow input scenarios (Figures 5 and 6). Outflow input at the mid X2
position (Figure 4), revealed the cyanobacterium M. aeruginosa was the only community variable with a
consistently negative response and high sign determinacy in both qualitative models and simulations.
Yet, the clam C. fluminea and predators of delta smelt showed high sign determinacy under most
quantitative simulation scenarios at the mid X2 position (Figures 5 and 6).

The cyanobacterium M. aeruginosa suggested a negative response to outflow at the high X2 position
(Figure 4), but to a lower extent compared to the mid X2 position (Figures 5 and 6). The Brazilian
waterweed, E. densa was the only other variable at the high X2 position indicating high degree of
qualitative sign determinacy but only at one outflow scenario (Figure 5). In contrast, simulations
at the high X2 position indicated all the predicted responses of community variables had low sign
determinacy (Figure 6).

The relation between Δp̂ and Adj − A indicated the predicted direction of change for species
and trophic groups in response to outflow input was generally consistent between qualitatively and
quantitatively specified subsystems at each X2 position; this despite a plateau in Δp̂ was towards
its highest values (Figure 7A). As inferred from Δp̂ and Ws, the direction of change and degree of
certainty in the direction of change in quantitatively specified simulations were associated with the
corresponding qualitative model, with such relations appearing progressively more sigmoidal toward
higher-X2 positions (Figure 7B).
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Figure 4. Signed digraphs of the modeled delta smelt subsystems at three positions of the 2 psu
isohaline (X2) in the upper San Francisco Estuary. Dashed lines indicate the four alternative outflow (FL)
input scenarios for community variables. Dashed lines in scenario 1 represent outflow perturbations to
Corbicula fluminea (CF), Egeria densa (ED), Microcystis aeruginosa (MA), and Potamocorbula amurensis (PA).
Dashed lines in outflow scenarios 2, 3, and 4 cumulatively add outflow perturbations to phytoplankton
(PH, scenario 2), zooplankton (ZO, scenario 3), and delta smelt (DS, scenario 4). PR denotes predators
of delta smelt. Community variables show the predicted direction of change in abundance (+, −)
in response to sustained outflow input. Direction of change without parentheses is unconditional.
Direction of change in parentheses denote high-certainty (asterisk) and low-conditional certainly (no
asterisk), and ? denotes complete ambiguity.
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Figure 5. Predicted direction of change and its uncertainty for community variables based on
signed weighted predictions (Ws) at low-, mid-, and high-X2 positions under outflow–input scenarios
(1–4, Figure 4). Values of |Ws| for each community variable range between unconditional sign
determinacy (1) and complete uncertainty (0), with |Ws| between 0.50 (dotted line) and ≤1 indicating
high sign determinacy.
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Figure 6. Predicted direction of change of community variables for low-, mid-, and high-X2 positions
based on the difference between the proportions of quantitative simulations with positive and negative
Adj − A (Δp̂). Acronyms represent species or trophic groups (Table 1, Figure 3) and legend denotes
the four outflow input scenarios (Figure 4). Values of |Δp̂| can range between 1 (unconditional sign
determinacy) and 0 (complete uncertainty), with |Δp̂| between 0.5 (dotted lines) and <1 implying low
uncertainty in the predicted direction of change.
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Figure 7. Relations between the net proportion of positive and negative Adj − A in stable quantitative
models (Δp̂) at low-, mid-, and high-X2 positions and: (A) the estimated direction of change of
corresponding variables in qualitative models (Adj −A); (B) the signed weighted feedback in qualitative
models (Ws), as indicated for modeled subsystems in the low salinity zone at low-, mid-, and
high-X2 positions.

3.3. Delta Smelt Abundance and X2

When only considering years in which the average position of X2 in September–October was
located at 81 km and further upstream, the relative abundance of subadult delta smelt was not
associated to the position of X2 (Figure 8). However, when all years in which X2 was located at 74 km
or further upstream were included, the relative abundance of subadult delta smelt was inversely
associated to the average position of X2 in September and October (Figure 8). Moreover, when
considering all the years with available relative abundance for subadult delta smelt over the period
1967–2017, an inverse association between the relative abundance of subadult delta smelt and the
average position of X2 during September–October was also detected, and such relation included X2
positions as low as 65 km (Figure 8).
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Figure 8. Relative abundance for subadult delta smelt based on the fall midwater trawl (FMWT) index
(Y) versus the average position of the 2 psu isohaline (X2) during September and October (X) under
four ranges of X2 over the period 1967–2017. Dark and light shaded areas denote 95% confidence
intervals for regression lines and predicted values, respectively. Regression coefficients in bold type are
significant (P < 0.05).

4. Discussion

4.1. Community Stability

While the modeled subsystems in the upper SF Estuary at the low-, mid-, and high-X2 positions
were qualitative stable based on the R–H criteria, quantitative simulations using such stability criteria
revealed a significantly higher percent of stable models at the low X2 position, which could promote
enhanced ecosystem resilience when the LSZ is predominantly located in the Suisun region (Figure 1).
In contrast, a decreasing number of simulations met both R–H stability criteria at the mid- and
high-X2 positions, respectively (Table 2). Such spatial stability pattern supports the hypothesis that fall
outflows maintaining the X2 position at 74 km are more conducive to sustaining a community structure
supporting the delta smelt population compared to upstream X2 positions. The stability patterns
inferred from simulations are consistent with marked reductions in upstream fall habitat quality for
subadult delta smelt and with the low abundance for this species since the early 2000s [24,54]. These
changes have implicated long-term stressors in the upper SF Estuary, including water diversions,
introduced species and contaminants [6,13,50]. As in the case of other ecosystems where native
estuarine fish species evolved in turbid waters [98], the decreased turbidity in the Delta is partly
due to the spread of E. densa and other introduced macrophytes, which have favored the population
expansion of introduced predators [38,99]. Although herbicides have been used in an attempt to
control macrophytes in the Delta, the extent to which such efforts have been effective is unclear.
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Nonetheless, some transitional waters formerly dominated by macrophytes seem to have shifted to
pelagic ecosystems through the long-term use of herbicides [100].

4.2. Community Model Predictions

Comparisons between predicted population responses of community variables considered in this
modeling study and field data [24] were possible for phytoplankton, zooplankton, P. amurensis, and
delta smelt. Consistent with the direction of change and sign determinacy for delta smelt predictions
at the low X2 position (Figures 4–6), the relative abundance of subadult delta smelt in fall 2011 when
X2 was at 74 km was a ten-fold higher compared to years with higher fall X2 positions since the
decline of pelagic species in early 2000s [38]. As in the case of the stability for quantitatively simulated
subsystems, the response of delta smelt to sustained outflow was influenced by the location of the LSZ
and hence, the underlying community structure. When outflow caused X2 to reach 74 km in the Suisun
region, a positive population response was suggested for delta smelt and such response had high sign
determinacy despite the ambiguous response of P. amurensis under most outflow input scenarios.

Field data for phytoplankton in fall 2011 showed either similar or greater average phytoplankton
biomass, as measured by chlorophyll-α, at the low-X2 position relative to the mid- and high-X2
positions [24]. Such field pattern could result from variability in the mass balance of phytoplankton
production, total grazing, and transport [89,101]. A positive overall phytoplankton response to outflow
input was only predicted for the models at the low-X2 position, and such prediction had low uncertainty
or marginally low uncertainty for scenarios 2 and 4 (Figures 4–6). Hence, suggesting a conditional
phytoplankton response to outflow.

Despite the high variability in zooplankton biomass contributed by calanoids—a key prey item
of delta smelt—such biomass seemed slightly higher at the low X2 position in fall 2011 compared to
years in which the LSZ was found at higher X2 positions [24]. A positive response of zooplankton was
predicted in the LSZ at the three X2 positions but such predictions only had low uncertainty at the
low-X2 position under most outflow scenarios (Figures 4–6). Importantly, considering the larger area
of the LSZ when X2 is located at 74 km relative to higher X2 positions (Figure 1), the potential carrying
capacity for species and trophic levels could be significantly higher when the LSZ overlaps Suisun Bay
in the fall.

The field abundance of P. amurensis in the Suisun Bay region was lower during October 2011 when
X2 was at 75 km compared to the same location in the lower-outflow year 2010, when fall X2 was at 85
km, which is consistent with a negative local response of this species to outflow ([56], their Table 1),
and with the low uncertainty in the direction of change under scenario 1 for the low-X2 position
(Figures 4–6). In contrast, the uncertain direction of change of P. amurensis under other outflow input
scenarios at the low X2 position implies the negative direct effect of outflow on P. amurensis would be
offset by potential outflow-induced increases in its food supply. Because the approximate center of
distribution and abundance of the clam P. amurensis is Suisun Bay and the downstream embayment,
San Pablo Bay ([56,67], their Figure 3) its abundance is likely higher when the LSZ overlaps Suisun Bay
relative to LSZ locations further upstream. Moreover, changes in its benthic abundance would not be
as responsive to changes in the salinity field compared to pelagic species.

4.3. Delta Smelt Abundance under Different Ranges of X2

The predicted response for delta smelt in community models was generally consistent with the
patterns of relative abundance for subadult delta smelt across different ranges of X2 (Figure 8). With the
exception of 2011 and 2017, no years since 2000 have shown the average of X2 in September–October
located in the Suisun region. However, as in the case of year 2017, low values of X2 in fall since 1967
have not always been associated with high relative abundance for subadult delta smelt (Figure 8). This
suggest that additional abiotic factors can be important in controlling the abundance of delta smelt
in some years. Unlike 2011, the summer 2017 was warmer than usual, which could have reduced
the survival for juvenile delta smelt (e.g., [11,38]). Importantly, since year 2000 there has been a
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substantially lower occurrence of years where the average position of X2 in September–October was
≤75 km in the upper SF Estuary (11.1%) compared to the period 1967–1999 (39.4%). A contributing
factor to such difference is the long-term increase in freshwater diversions, both upstream of the SF
Estuary and in the south Delta. For example, total water diversions from 1986 to 2005 held X2 upstream
of 71 km nearly 80% of the time. In contrast, assuming no upstream water diversions, X2 would have
been maintained upstream of 71 km only 50% of the time [13].

The predicted response for delta smelt in community models was generally consistent with the
reported decline of abiotic habitat quality indices of at higher positions of X2 (e.g., [10,54]). The
present study suggests a key role of community structure in the LSZ given its influence on community
stability and response to outflow. Hence, supporting the hypothesis that fall outflow exerts a positive
influence on the abundance of subadult delta smelt when the X2 is positioned at 74 km [24]. When
considering the four outflow scenarios for each of the three X2 positions, a generally similar response
of community variables was apparent across outflow input scenarios, and this was suggested despite
the overall ambiguity of subsystems at the mid- and high-X2 positions (Figures 5 and 6). This implies
the propagation of outflow inputs through multiple feedbacks in the community could make it difficult
to distinguish specific outflow input mechanisms among years.

4.4. Community Models and Prediction Metrics

Because qualitative models sacrifice precision for generality and realism [71], the qualitative
models used in this study were intended to provide insights on the community stability and the
complex mechanisms mediating the response of delta smelt and its community to fall outflows, rather
than quantifying changes in the abundance of community variables in the upper SF Estuary. Given the
large differences in qualitatively derived stability among X2 positions, the use of Δp̂ in quantitatively
specified subsystems seemed a useful community metric to evaluate both the overall direction of change
of community variables and the determinacy in the overall direction of change across subsystems with
the same topology but varying interaction strengths. Although estimating the direction of change
and the degree of uncertainty in the response of community variables to multiple inputs entails
several steps (e.g., determining qualitative direction of change of community variables, the absolute
feedback matrix and the weighted predictions from each element of the Adj − A, [47]), the present study
showed that the response of community variables to multiple inputs can be alternatively obtained by
defining the press inputs for each variable in a modified community matrix (AP). This enabled readily
estimation of the qualitative response of each community variable, and their corresponding weighted
predictions. In the case of communities without zero absolute feedback matrix elements, it is also
feasible to define signed weighted predictions to facilitate comparisons between qualitative models
and quantitative simulations. Moreover, the use of matrix AP can provide independent verification of
detailed computations involving inputs to several community variables. For quantitatively specified
communities, the use of matrix AP in combination with Δp̂ seemed particularly useful to estimate the
determinacy in the direction of change for each community variable under simulated press inputs and
interaction strengths among community variables. Although the signed weighted feedback seemed
a useful measure of uncertainty for qualitatively stable models, and was significantly related to the
estimated uncertainty of quantitatively specified models (Figure 7B), quantitative simulations showed
that interaction strength can greatly influence the stability of community models with the same sign
structure of stable qualitative models. This in turn could influence the determinacy of the predicted
direction of change following a perturbation. However, because the determinacy level indicated by Δp̂
accounted for the percent of non-stable models in simulation analyses, the use of Δp̂ can complement
qualitative analyses of the community matrix and help to evaluate hypotheses about community
stability and their response to perturbations.

Despite the differences in objectives and methods in past modeling studies related to pelagic
fishes and their communities in Upper SF Estuary, independent analyses of flow-related metrics (e.g.,
X2, salinity, specific conductance, water diversions) have revealed that hydrological conditions play
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a major ecological role through their interactions with multiple natural and anthropogenic forces
(e.g., [6,9,102]). For example, generalized additive models (GAM) have shown association between
spatial and temporal patterns in specific conductance and turbidity and long-term declines in habitat
quality for delta smelt and other pelagic fishes (e.g., [54,99]). Additional GAM-based habitat suitability
scenarios for delta smelt suggested changes in outflow due to future development and climate
change could lead to increased habitat declines for this species across a broad range of hydrological
conditions [10]. A Bayesian-based multivariate autoregressive model (MAR) revealed increased spring
and fall X2 could be linked to the decline of several pelagic fishes and their zooplankton prey since the
early 2000s [55]. That study further suggested negative influence of spring and winter south Delta
diversions and high summer water temperature on delta smelt. Another MAR model evaluating
mechanisms of species invasions and their impacts in the Upper SF Estuary suggested salinity intrusion
was a primary pressure facilitating species invasions and emphasized a central role introduced species
in altering multi-trophic interactions [57]. Individual-based models for delta smelt have shown a
combination of abiotic and biotic factors could control its population, including hydrodynamics,
water temperature, zooplankton density, long-term changes in the prey-base, entrainment losses due
to water diversions in the south Delta, and salinity (e.g., [103–105]). Moreover, hydrodynamic and
statistical modeling showed the decline in phytoplankton in the upper SF Estuary could be largely
explained by the combined impacts of increased freshwater diversions from the south Delta since the
late 1960s, and the filter-feeding activity of the clam P. amurensis [106]. Hydrodynamic and statistical
modeling also revealed that winter–spring diversions altered the salinity habitat for several species
of pelagic fishes, and these changes were significantly associated to their corresponding interannual
population trends [9]. Thus, these modeling studies lend further support to the connection between
hydrological alteration and multiple processes contributing to the decline of pelagic fishes in the upper
SF Estuary [13,38,102].

Given the physical variability of estuarine ecosystems (e.g., [6,13,15]), consideration of the
variability in the salinity field seems particularly relevant when evaluating hydrodynamic forcing on
estuarine communities. This study is the first qualitative analysis of the community matrix evaluating
the role of freshwater flows on aquatic communities, and the first qualitative modeling study in
transitional waters based on a hydrological model [75]. Qualitative community models in other
estuaries have examined other types of disturbances, for example an intertidal community composed
of native and introduced species (Yaquina Bay, Oregon, USA) suggested weak or absent overall
feedback, which, to some extent could have buffered such community from impacts of introduced
species [74]. In another estuarine community (Willapa Bay, Washington, USA), qualitative networks
suggested ocean acidification could stimulate production of phytoplankton and eelgrasses [37]. Yet,
the opposite predicted responses for two shellfish species were sensitive to the assumed perturbation
on primary producers. This highlights the value of qualitative modeling to identify likely community
outcomes while recognizing the uncertainties of complex ecological interactions. As in the case of the
SF Estuary, other estuarine ecosystems have been primarily modeled quantitatively. For example, an
oxygen-balance model coupled to fish growth models in a range of estuary types in South-Western
Australia indicated that climate change could induce declines in river discharge, exacerbating the
impacts of reduced rainfall and water diversions on hypoxia in these estuaries [107]. Such increased
hypoxia could then magnify the significant reported differences in habitat quality for the growth
and body condition of the teleost Acanthopagrus butcheri in those estuaries. A coastal ecosystem
model (Integrated Compartment Model) in southern Louisiana, USA [108] suggested that even
doubling current riverine flows would be insufficient to fully counteract the impacts of future sea
level rise on forested wetlands, implying that habitat expansion for marine fishes would result in
habitat contraction for freshwater fishes. Application of the ecosystem model AQUATOX 3.1 in the
Minho Estuary, NW coast of Iberian Peninsula [109] revealed that estuarine production was strongly
dependent on hydrodynamics, with temperature and river flow showing antagonistic interactions
on macroinvertebrate communities. Given the increasing threats to transitional water ecosystems,
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the integration of qualitative and quantitative models to assess ecosystems responses to multiple
perturbations could further promote ecologically sound management in these ecosystems.

4.5. Management Implications

Based on the modeled outflow-mediated community responses and the relations between
subadult delta smelt abundance and fall X2 inferred from this study, the sustainability of this species
could be compromised in part by the high prevalence of low- and mid- fall-outflows. Given the
tendency of the delta smelt population to increase in high outflow years, the population could still
be resilient provided the limited outflow in most years is not further reduced by the high percent of
upstream water diversions [6,13], particularly in non-wet years [9]. While full understanding of the
mechanisms by which outflow influences the abundance of a species like delta smelt does not seem
necessary for conservation purposes, there is great value in continued experimental and modeling
evaluations on the role of hydrological alteration and other perturbations to mitigate cumulative
stressors in the upper SF Estuary, including those anticipated from climate change [10,11], provided
such evaluations are implemented using sound ecological and adaptive management guidelines
(e.g., [110–112]). Considering the long-term population declines for delta smelt and other native
species like longfin smelt, Spirinchus thaleichthys, and their record low abundances since the drought
beginning in 2012 [7,46], the positive influence of outflow in other seasons for delta smelt and other
species (e.g., [7,9,38,102]) suggests the need to integrate flow adaptive management actions across
species, seasons and hydrological conditions not restricted to wet years.

5. Conclusions

This study supports the conclusion that fall outflow in the upper SF Estuary tends to increase
the abundance of delta smelt when the position of X2 overlaps Chipps Island (X2 = 74 km), but not
when X2 is at 81 km or further upstream. The stability patterns of three modeled subsystems of delta
smelt in the upper SF estuary support the hypothesis that fall outflows that maintain the X2 position at
74 km are more likely to result in a stable community structure supporting the delta smelt population
compared subsystems located at higher X2 positions. Community models suggested a dual role of
outflow in controlling the population dynamics delta smelt in the upper SF Estuary, first by determining
the geographical location of the LSZ and the underlying community structure, and second by exerting
press perturbations on community variables influencing biological rates, as mediated by trophic and
non-trophic interactions. Outflow seemed to control community interactions and stability patterns at
each X2 position by forcing the overlap among pelagic and benthic species and trophic levels based on
their salinity-dependent and geographically-dependent distributions. Integration of flow adaptive
management actions across seasons, species, and hydrological conditions could help to address the
declining population trends for delta smelt and other native fish populations in the upper SF Estuary.
Qualitative community models can complement ecological syntheses, hydrodynamic models and
quantitative ecological models to inform ecologically sound management of aquatic ecosystems.
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Appendix A

Table A1. Qualitative interactions for modeled community variables defined in Table 1 at the high-,
mid-, and low-X2 positions in the upper San Francisco Estuary. (References shown in parentheses).

High-X2
Variables

DS ZO PH ED PR CF MA

DS −1 [71] 1 [41] 0 −1 [64] −1 [92] 0 −1 [70]
ZO −1 [41] −1 [71] 1 [113] −1 [114] 0 0 −1 [69]
PH 0 −1 [113] −1 [71] −1 [85] 0 −1 [115] −1 [80]
ED 0 0 0 −1 [71] 0 1 [116] −1 [117]
PR 1 [92] 0 0 0 −1 [71] 0 −1 [80]
CF 0 0 1 [115] −1 [100] 0 −1 [71] −1 [118]

MA 0 0 0 −1 [119] 0 −1 [120] −1 [71]

Mid-X2 Variables DS ZO PH PA PR CF MA

DS −1 [71] 1 [41] 0 0 −1 [92] 0 −1 [70]
ZO −1 [41] −1 [71] 1 [113] −1 [66,88] 0 0 −1 [69]
PH 0 −1 [113] −1 [71] −1 [60] 0 −1 [115] −1 [80]
PA 0 1 [66,88] 1 [60] −1 [71] 0 0 −1 [118]
PR 1 [92] 0 0 0 −1 [71] 0 −1 [80]
CF 0 0 1 [115] 0 0 −1 [71] −1 [118]
MA 0 0 0 0 0 −1 [120] −1 [71]

Low-X2 Variables DS ZO PH PA PR

DS −1 [71] 1 [41] 0 0 −1 [92]
ZO −1 [41] −1 [71] 1 [113] −1 [66,88] 0
PH 0 −1 [113] −1 [71] −1 [60] 0
PA 0 1 [66,88] 1 [60] −1 [71] 0
PR 1 [92] 0 0 0 −1 [71]
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Abstract: Seawater reverse osmosis (SWRO) desalination is increasingly used as a technology for
addressing shortages of freshwater supply and desalination plants are in operation or being planned
world-wide and specifically in California, USA. However, the effects of continuous discharge of
high-salinity brine into coastal environments are ill-constrained and in California are an issue of
public debate. We collected in situ measurements of water chemistry and biological indicators in
coastal waters (up to ~2 km from shore) before and after the newly constructed Carlsbad Desalination
Plant (Carlsbad, CA, USA) began operations. A bottom water salinity anomaly indicates that the
spatial footprint of the brine discharge plume extended about 600 m offshore with salinity up to
2.7 units above ambient (33.2). This exceeds the maximum salinity permitted for this location
based on the California Ocean Plan (2015 Amendment to Water Quality Control Plan). However, no
significant changes in the assessed biological indicators (benthic macrofauna, BOPA-index, brittle-star
survival and growth) were observed at the discharge site. A model of mean ocean wave potential
was used as an indicator of coastal mixing at Carlsbad Beach and at other locations in southern
and central CA where desalination facilities are proposed. Our results indicated that to minimize
environmental impacts discharge should target waters where a long history of anthropogenic activity
has already compromised the natural setting. To ensure adequate mixing of the discharge brine
desalination plants should be constructed at high-energy sites with sandy substrates, and discharge
through diffusor systems.

Keywords: SWRO desalination; brine discharge; osmotic stress; coastal monitoring; impacted
coastal systems

1. Introduction

Freshwater demand is increasing worldwide due to a variety of factors, including population
growth, agricultural expansion and environmental changes [1]. At the same time, natural freshwater
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resources are declining in quantity and quality [2]. In California, increasing agricultural activity and
population growth have diminished natural groundwater reservoirs, resulting in substantial land
subsidence and seawater intrusion [3]. Recurrent droughts that limit recharge of water reservoirs
are common and are expected to increase in frequency, duration and intensity [4,5] exacerbating
the problem. Seawater desalination by reverse osmosis (SWRO) is increasingly being seen as a way
to counter freshwater shortages, and several desalination plants are being built or proposed along
the Southern and Central California coastline [6,7]. Ten small seawater reverse osmosis (SWRO)
desalination facilities with individual capacities from 30 × 103 to 10 × 106 L day−1 (combined capacity
~20 × 106 L day−1) [8] are currently operating along the California coast, and one large-scale plant
with a capacity of 180 × 106 L day−1, started operation in Carlsbad (Southern California) in December
2015. Seven additional large-scale facilities have been proposed (one is under construction) with
capacities of 40–500 × 106 L day−1 [8] in response to reoccurring droughts and increasing demand for
water resources.

SWRO facilities draw coastal water as feed and continuously produce high salinity brine effluent
that is typically diluted and discharged back into coastal environments. The discharge occurs either
directly at the shoreline through outfall channels, or further from shore through pipes or diffusor
systems [9–11]. Californian regulations require that the brine discharged not exceed two salinity
units above ambient levels within 100 m offshore from the discharge point [12]. The efficiency of
water mixing and the footprint of the discharged brine depend on (1) dilution prior to discharge
and hence the final density of the discharging brine, (2) local coastal conditions (waves, currents
and bathymetry), and (3) the design of the discharge method (channel, pipe or diffusor). To comply
with these regulations, SWRO facilities need to control the salinity of the brine (by dilution prior
to discharge) and select a discharge design that ensures easy mixing of brine with the surrounding
seawater under the specific oceanographic conditions at the discharge location.

Water mixing potential at the discharge zone is usually evaluated prior to operation by using
hydrodynamic computer models to ensure compliance [12]. While the California Ocean Plan (2015
Amendment to Water Quality Control Plan) specifies a salinity impact zone extending no more than
100 m offshore, the Carlsbad Desalination Plant received an exception to policy to extend its salinity
impact zone to 200 m offshore, due to its high capacity [12]. For the Carlsbad Plant, the hydrodynamic
model assumed a starting salinity of 42 at the outfall, and predicted that salinity would decline to 35.5
(ambient 33.2) at a distance of 196 m offshore (i.e., ~2 salinity units above ambient within the 200 m
permitted limit) [13]. The brine produced at the Carlsbad SWRO facility is diluted by mixing with
seawater used for cooling at a co-located power plant, and hence decreasing the brine salinity and
increasing water temperature, hence reducing the brine density to increase the mixing potential and
prevent bottom ponding of a high density brine.

Despite increasing use of SWRO desalination worldwide as well as in California, impacts of
brine effluent discharge on the living organisms and ecosystems in the coastal environments are
ill-constrained [14,15]. Past research on pelagic phytoplankton and benthic microbes, seagrasses,
polychaetes and corals demonstrate that salinity tolerances are highly variable among species and also
dependent on the magnitude of the salinity increase and exposure time [14,16–21]. For instance,
seagrasses have low thresholds with a detectable mortality at salinity of 5% above ambient
levels, whereas coral growth is not impacted at salinity as high as 10% above ambient [22–24].
Relative abundances and growth rates of phytoplankton, zooplankton, and benthic bacteria also do
not seem to be significantly impacted at salinities of 10% above ambient, but community structure often
changes [16,17,25,26]. The Benthic Opportunistic Polychaetes and Amphipods index (BOPA-index)
is commonly used as an indicator of the level of “disturbance” to benthic communities in areas
impacted by pollution [27–30], or other stressors such as changes in salinity [31]. This index is
based on an inverse relationship between the abundances of sensitive amphipods and opportunistic
polychaetes [27,29,30,32]. The index value specifies an ecological status ranging from “good” to “bad”,
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where good is defined as an area dominated by sensitive species, and bad an area dominated mainly
by opportunistic species.

Coastal California is a highly productive zone supported by upwelling of nutrient-rich sub-surface
water. This productivity supports large kelp beds, productive rocky reefs with high biodiversity, and
rich plankton communities that serve as food for numerous fish, seabirds, whales and dolphins.
However, the population density along the coast in California is high (26 million people living in
coastal counties) and many costal settings have been impacted by a wide range of anthropogenic
activities including dredging, shipping, sewage discharge, eutrophication, commercial and recreational
fishing and more transitional waters [33]. Along the state coastline, 124 marine protected areas (MPA’s)
are providing refuge for the ecosystem (total coverage of 16% of state water) [34,35]. Toxicity testing
with high-salinity seawater has been conducted on a few key Californian rocky-reef species (i.e., Haliotis
rufescens (Red Abalone), Strongylocentrotus purpuratus (Purple Urchin) and Dendraster excentricus (Sand
Dollar)) and all proposed SWRO desalination facilities are required to use hydrological modeling to
estimate the impact area of discharging brine [12,36]. However, uncertainties and concerns persist
regarding potential impacts of SWRO desalination brine on coastal environments, especially among
coastal users and the general public [37,38].

This study characterizes the spatial footprint of the discharge plume from Carlsbad Desalination
Plant, both chemically and biologically, with the ultimate goal of informing legislators, regulators, plant
managers and the public about appropriate locations and discharge methods for future SWRO plants
and illustrates the need for monitoring. The extend and impact of the discharge zone is characterized
by using (1) water samples collected at and around the outfall channel of the Carlsbad Desalination
Plant, before and after the plant became operational (in December 2015), (2) biological surveys of
benthic epifauna, (3) a BOPA analysis around the discharge zone, and (4) a laboratory bioassay with
brittle stars (Ophiothrix spiculata). The study finds the brine plume to extend beyond the 200 m impact
zone allowed in the California Ocean Plan (2015 Amendment to Water Quality Control Plan) but
finds no significant impact on the benthic ecology. Using a model of coastal wave energy at Carlsbad
Beach and in Southern and Central California, possible impact of future desalination plants in these
California coastal zones is assessed.

2. Methods

2.1. Study Area

The Carlsbad Desalination Plant, built and operated by Poseidon Water, is the first and currently
only large-scale SWRO desalination facility in California. Operations began in December 2015 with
a capacity of 180 × 106 L day−1. The plant is located in an industrial area at the southern end of the
Agua Hedionda Lagoon, adjacent to the Encina Power Station (Figure 1A). Seawater enters the lagoon
through a dredged channel at the north end of the lagoon, about 1 km from the seawater intake used
by the power station as cooling water (since 1954). The desalination plant diverts ~10% of this water
released by the power plant post-cooling for SWRO (Figure 1B). The brine effluent is then returned to
the cooling water further downstream, resulting in a 1:10 dilution of the brine before the mixture is
discharged to the ocean through a 10–15 m wide channel (outfall) between two rocky walls extending
~50 m offshore at Carlsbad Beach (Figure 1A) [39]. Carlsbad Beach is a relatively high-energy beach
with wave heights averaging ~2.5 m in winter and ~1.5 m in summer [40–43]. The nearshore habitat is
dominated by a sandy bottom with scattered small rocky reefs and seagrass patches at the northern
end of the beach. The nearshore region is shallow with depths of 5–10 m up to 800 m offshore, and
with deeper water (~20 m) starting ~1 km offshore [41].
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Figure 1. (A) Aerial view of the study site around Carlsbad Desalination Plant. The SWRO plant and
power plant, intake and outfall channels, and sampling sites (stars) are marked; (B) schematic of water
flow from the Pacific Ocean to Laguna Aqua Hedionda and the intake and discharge of water by the
power plant and SWRO facility (not to scale). White arrows indicate seawater flow and dark-blue
arrows represent discharging brine and its mixture with the power plant’s seawater return flow.

2.2. Sample Collection and Biological Surveys

Water and sediment samples were collected, and benthic surveys were conducted twice in the year
prior to the start of SWRO operation (pre-operation), and twice in the first year after brine discharge
began (post-operation). Pre-operation samples were collected in December 2014 and September 2015,
and post-operation samples were collected in May (five months post-operation) and November 2016
(11 months post-operation). Samples were collected by scuba divers, starting ~100 m offshore (closer
if conditions allowed). Samples were taken along two transects perpendicular to the beach at 25 m
intervals out to 200 m, and then at 250, 300, 400, 600, 800 and 1000 m from shore. Sampling was
conducted close to shore as the chemical footprint and possible biological impacts were expected to be
greatest close to the discharge site and quickly dissipate with distance due to mixing. A transect parallel
to shore was conducted as close to the beach as possible (~200 m offshore), with samples collected every
100 m from 200 m south of the outfall to 200 m north of the lagoon entrance (Figure 1A). Bottom and
surface water samples were collected at each sampling site in 1 L acid-cleaned, sample-rinsed, Nalgene
HDPE bottles. Water temperatures were measured on the boat, immediately after collection, with
a YSI 30SCT probe (YSI, Yellow Springs, OH, USA). Water samples were kept in a cooler until they
were filtered (using various filters, see Section 2.3 below) and processed, within 4 h after collection.
Sediment samples (from the upper 10 cm) were collected in 250 mL plastic jars by pushing the jars into
the sediment and samples were kept frozen until analysis (see Section 2.3).
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Benthic surveys of epifauna were conducted along two continuous perpendicular transects each
1 m wide, from ~100 to 200 m offshore, and then extended with 1 × 1 m quadrats (1 m2) at ~100 m
intervals from 200 to 1000 m offshore. Along the continuous transects, a 100 m measuring tape was laid
on the sea floor and all visible benthic organisms within 0.5 m of each side of the tape were recorded
for each 10 m long section (10 m2). At stations running parallel to shore, organisms were recorded
in ten randomly distributed 1 m2 quadrats per station. Visible benthic epifauna were enumerated
separately by two scuba divers, and counts were calculated to species abundance per m2 and grouped
in counts close to the discharge channel (0–200 m offshore) and in the surrounding area (250–1000 m
offshore). Organisms were assigned to 10 categories: Porifera (sponges), Anthozoa, Gastropoda,
Bivalvia, Cephalopoda, Polychaeta, Echinodermata, Arthropoda, fish, macroalgae and seagrass.

2.3. Water and Sediment Analyses

Water samples were analyzed for salinity, chlorophyll a, nutrients (PO4, NO3 and SiO2),
particulate organic matter (POM), dissolved organic carbon (DOC) and trace metals. More detail is
provided below:

Salinity: 50 mL of seawater were pumped through a Guildline Portasal salinometer (Osil,
Hampshire, UK) and salinity recorded with an accuracy of ±0.001.

Chlorophyll a: 250 mL of seawater were filtered onto GF/F filters (0.7 μm) (Whatman, Chicago, IL,
USA) and kept frozen in the dark until further analysis. The filters were immersed in vials with 7 mL of
90% acetone and extracted at 2 ◦C for 12 h before measurements. Chlorophyll a (Chl a) concentrations
were measured using a TD-700 fluorometer (Turner Designs, San Jose, CA, USA) calibrated with Chl a
according to the EPA 445 method, using CS-5-60 and CS-2-64 glass filters (Turner Designs, San Jose,
CA, USA).

Nutrients: 50 mL of seawater were filtered through 0.2 μM filters and kept frozen until analysis.
Samples were analyzed for soluble reactive PO4 (SRP) [44] and for NO3 and SiO2. Samples were
processed on a QuikChem FIA+ 8000 Series autoanalyzer (Lachat Instruments, Milwaukee, WI,
USA) using methods 31-115-01-3-A (PO4), 31-114-27-1-B (NO3) and 31-107-04-1-A (SiO2). Sample
reproducibility was 0.5%, with a detection limit of 0.15 μM for all analytes.

Dissolved organic carbon: 30 mL of seawater were collected in pre-ashed glass vials (450 ◦C for
4 h). The seawater was acidified to pH 2 using concentrated trace metal grade HCl, and analyzed on a
Shimadzu TOC-V autosampler (Shimadzu, Columbia, MD, USA) with prepared standards of 2.125 g
KHP L−1. Detection limit was 0.3 μM with 2 mL injections.

Particulate organic matter: 400 mL of seawater were filtered onto pre-ashed (450 ◦C for four
hours) GF/F filters (0.7 μm) and samples kept frozen. The filters were dried for 48 h at 50 ◦C and
pressed into tin capsules. The carbon to nitrogen molar ratio (C:N) and C and N isotope ratios were
measured using isotope ratio mass spectrometry (CE instruments NC2500, Wigan, UK). Analyses were
done with standards of pugel and acetanilide to an accuracy of ±0.11‰.

Select major and trace elements: 50 mL of seawater was filtered (0.2 μM) and collected in
acid-cleaned sample-rinsed LDPE bottles and acidified with trace metal grade HCl to pH 2 prior
to analysis. Samples were diluted 500-fold and analyzed on an Element XR ICP-MS (Thermo Fisher
Waltham, MA, USA) with standard curves prepared using NIST 1640a standard solution (National
Institute of Standards and Technology, Gaithersburg, MD, USA). The average of two procedural
blank values was used for blank correction. Concentrations of Li, Na, Mg, K, Ca, Mn, Fe, Sr and Ba
were measured.

Infaunal organisms: Sediment samples were thawed and washed with 90% ethanol. The ethanol
rinse was collected and all polychaetes and amphipods were counted immediately under a dissecting
microscope. For polychaetes, individuals of the two most abundant families, Paraonidae and
Capitellidae, were identified and counted; individuals from other families were counted as “other”.
For amphipods, the families Gammaridae, Hyperiidae, Caprellidae and Corophiidae were identified
and counted. A BOPA-index was calculated for each sediment sample using methods described
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in reference [27] (Equation (1)), where fpop is the proportion of polychaetes and fa is the proportion
of amphipods:

BOPA = log
(

f pop

fa + 1
+ 1

)
. (1)

Sediment grain size: The sediment was dried, and 75–90 g subsamples were sorted using twelve
sieves (from 0.5 Φ to 4.75 Φ, Krumbein phi scale), and each fraction was weighed. The mean grain size
and sorting factor were determined using methods described in [45].

2.4. Bioassay Experiment

A bioassay was conducted with brittle stars (Ophiothrix spiculata) collected in Monterey Bay
(collected by Monterey Bay Abalone Co) and exposed to discharged desalination brine collected from
the outfall channel of the Carlsbad Desalination Plant. The collected brine was filtered through a
0.2 μM filter and kept cool and in the dark with aquarium air pumps attached to maintain oxygen
levels. Brittle stars were exposed to three different brine treatments: (1) Discharge water of salinity 37
collected from the discharge channel; (2) 1:1 dilution of the discharge water with ambient seawater to
a salinity of 34; and (3) ambient seawater (control) with salinity of 33. There were 20 replicates for each
treatment. Each replicate consisted of two, randomly selected, brittle stars maintained in a 500 mL
glass culture dish containing 450 mL of treatment water and capped with a glass Petri dish. The culture
dishes were kept in a water table with running seawater to maintain ambient temperature and were
partly shielded to avoid direct light. Water in the culture dishes was changed every 2–3 days and the
incubation lasted 5 weeks. Pre-incubation wet weight and arm length (estimated from photographs)
were measured for all stars at the start of the experiment, and compared to wet weight, dry weight,
body diameter and arm length at the end of the incubation. Each brittle star remaining alive at the end
of the experiment was subjected to an agility test where the individual was flipped on its back and
the time to return to normal orientation was measured. Wet weight was determined by placing a star
on a tissue paper for 2 s before recording its weight (±0.001 g). Body diameter and arm lengths were
measured to the closest mm, and arm length was averaged over all 5 arms. The brittle stars were dried
in a 50 ◦C oven for 48 h before obtaining dry weight.

2.5. Wave Energy Model

In coastal zones and estuaries, temporal and spatial variations in salinity are affected by changes
in precipitation, evaporation and freshwater inflows, as well as by water mass mixing related to
changes in circulation, waves and tides. Changes in salinity can have major effects on water density
and water stratification, which, in turn, can modify circulation patterns. We focused on mixing along
open coastlines with water depths similar to those at most discharge sites for proposed SWRO plants in
California. We assumed mixing is controlled by wave dynamics and excluded tidal and other effects.

The mixing potential of wave action was quantified by calculating patterns of wave energy
and orbital velocity for the mean conditions in each of four seasons, and then averaged them over
a year. We used wave model data for the California continental shelf that provides information
on wave heights, periods and orbital velocities at high resolution for the whole Californian coast,
including mean and extreme (top 5%) wave parameters for each season from [42,43]. A set of 15 SWAN
curvilinear grids was used to simulate wind-wave growth and propagation across the inner portion of
the California continental shelf [42]. All grids had an average cross- and along-shore resolution of 30
to 50 m and 60 to 100 m, respectively.

An index of annual mixing potential, E was calculated by averaging the mean conditions for each
season in Equation (2), where ρ is water density, g the gravitational pull, H is wave height and L wave
length (see Supporting Information Equations (S1), (S2) and (S3)):

EL =
1
8

ρgH2L. (2)
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We considered seasonal variations in the potential for mixing because the North Pacific Ocean
presents extremely large surface waves that can vary greatly between seasons and years [46,47].
Specifically, wave energy varies strongly between winter and summer storms and can also respond to
large inter-annual climate variations, for example associated with El Niño events.

In shallow water, the orbital motions of water particles induced by surface waves extend down
to the seabed. The resulting wave-induced orbital velocities near the seabed are considered to be
representative measures of how waves influence the sea floor [42]. We used the orbital velocity as an
indicator of mixing potential at the seabed, based on mean seasonal values from [43] for each season,
and then averaged annually, similar to the wave energy (EL).

Using monitoring data available from California Department of Fish and Wildlife [48] coastal
ecosystem types were determined (seagrasses, kelp beds), habitats (rocky or sandy substrate), within a
2 km2 radius of the outfall of each existing and proposed seawater desalination plant in Central and
Southern California. We mapped the calculated seasonal wave energy together with the ecosystem
and habitat type and compared water mixing potential at proposed SWRO sites and the ecological
niches that may be affected by SWRO discharge.

2.6. Statistics and Geospatial Analyses

All statistical analyses were done using software R (R-studio, version 1.1.447). Salinity,
temperature and other water chemical data were pooled in groups depicting the immediate area
around the outfall channel (50–200 m offshore) and the surrounding area (250–1000 m offshore) for
both surface and bottom water for all four sampling trips. The groups were compared between surface
and bottom water with two-way ANOVA and post-hoc tested with Tukey-HSD with a significance
level of α = 0.05 (Table 1). Biological abundances of epifauna and infauna were similarly pooled and,
along with brittle star measurements, analyzed with two-way ANOVAs and post-hoc Tukey-HSD
tests (α = 0.05). Salinity and temperature were mapped in ArcGIS (ESRI, version 10.2), using Inverse
Distance Weighting (IDW) interpolation to visualize temperature and salinity variation. Average
annual wave energy was mapped in ArcGIS 10.2 and combined with spatial data on coastal biology
and marine habitats [48] including kelp beds, hard substrate (rocky reefs), two seagrasses (eel grass
Zostera; surf grass, Phyllospadix) and marine protected areas (MPA’s).
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Table 1. Mean, maximum and minimum salinity and temperature (±S.D.), for surface and bottom
water in the area immediately around the outfall mouth (50–200 m) and the surrounding area (250–1000
m) measured at the four sampling times. Post-hoc results (Tukey-HSD, p < 0.05) for mean salinity and
temperature are indicated in small letters for surface water and capital letters for bottom water behind
each mean value.

Sampling
Time

Distance from
Outfall Mouth (m)

Water
Level

Salinity Temperature

Mean Max Min Mean Max Min

December
2014

50–200 (Immediate)

Surface
(n = 5)

33.6 b
(0.06) 33.6 33.5 18.4 b

(0.7) 19.0 17.4

Bottom
(n = 4)

33.5 BC
(0.01) 33.6 33.5 18.2 B

(0.8) 19.3 17.1

250–1000
(Surrounding)

Surface
(n = 5)

33.4 b
(0.1) 33.5 33.3 18.8 b

(0.6) 19.5 18.4

Bottom
(n = 4)

33.5 BC
(0.1) 33.7 33.4 19.1 B

(0.3) 19.4 18.8

September
2015

50–200 (Immediate)

Surface
(n = 8)

33.1 b
(0.7) 33.5 31.5 24.9 a

(0.7) 26.5 24.0

Bottom
(n = 6)

33.5 C
(0.2) 33.9 33.0 24.5 A

(0.3) 25.2 24.1

250–1000
(Surrounding)

Surface
(n = 8)

33.4 b
(0.07) 33.5 30.4 24.3 a

(0.5) 25.2 23.7

Bottom
(n = 6)

32.8 C
(1.2) 33.5 33.3 24.4 A

(0.5) 25.1 23.9

May
2016

Mouth of outfall Surface 37.4 a 37.4 37.4 NA NA NA

50–200 (Immediate)

Surface
(n = 7)

33.9 b
(0.7) 35.5 33.6 19.1 b

(0.4) 19.4 18.2

Bottom
(n = 6)

34.9 A
(0.7) 35.7 33.9 19.3 B

(0.8) 19.8 17.8

250–1000
(Surrounding)

Surface
(n = 7)

33.4 b
(0.5) 33.8 32.5 18.8 b

(0.6) 19.4 17.9

Bottom
(n = 7)

34.4 AB
(0.7) 35.2 33.5 17.9 B

(1.4) 19.4 15.5

November
2016

50–200 (Immediate)

Surface
(n = 7)

33.5 b
(0.2) 33.9 33.4 19.1 b

(0.3) 19.7 18.8

Bottom
(n = 6)

34.4 AB
(0.2) 35.9 34.8 19.3 B

(0.5) 20.0 18.6

250–1000
(Surrounding)

Surface
(n = 7)

33.5 b
(0.2) 33.9 33.3 19.1 b

(0.6) 19.9 18.0

Bottom
(n = 7)

34.4 A
(0.8) 35.9 33.6 18.7 B

(0.7) 19.5 17.3

3. Results and Discussion

3.1. Physical and Chemical Characterization of the Discharge Plume

Salinity and temperature (mean, minimum and maximum) in the immediate (50–200 m) and
surrounding (250–1000 m) area around the discharge channel of all four sampling times are given in
Table 1. Before the Carlsbad Desalination Plant began operations, ambient salinity at Carlsbad Beach
was 33.2 ± 0.6 (pooling all data from December 2014 and September 2015 both surface and bottom
water, n = 146). This value is consistent with previous reports of coastal salinity in this region [13].
Surface and bottom salinity for all four sampling times are mapped in Figure 2.

Post-operation measurements show surface water salinity of 37.4 right at the mouth of the outfall
channel. In the immediate vicinity (50–200 m) outside the outflow channel, surface salinity averaged
33.9 and 33.5 in May and November 2016, respectively, with a maximum measured surface salinity
of 35.5 at ~50 m from the mouth of the discharge channel (Table 1). Surface water salinity did not
significantly differ between pre- and post-operation, except for the high salinity water right at the
channel mouth (p < 0.001) (Table 1).
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Bottom water salinity in the immediate vicinity (50–200 m) reached values of 35.9 at 200 m
offshore, whereas the average salinity were 34.4 and 34.9 for May and November 2016, respectively,
and was significantly higher than salinity in September 2015 (p < 0.001) (Table 1).

Further from the channel (250–1000 m offshore), surface salinity was near ambient levels (averaged
33.4 and 33.5 for May and November, respectively) and salinity did not differ significantly between pre-
and post-operation (Table 1). The average bottom water salinity in the surrounding area (250–100 m)
was 34.2 for both May and November (1 salinity unit higher than ambient), and the maximum bottom
salinity of 35.9 was measured at 250 m offshore.

Both surface and bottom water temperatures were 1–2 ◦C warmer around the outfall than further
offshore, or away from the discharge area during December 2014 and May and November 2016 but
did not differ between these three sampling times (Table 1). During September 2015, temperatures
throughout the coastal area were high due to El Niño conditions with ocean temperatures above
normal [49] (Table 1). In May 2016, a thermocline was measured 800–1000 m offshore due to seasonal
upwelling (Figure 3G), but the temperature difference between the discharge water and ambient
coastal water did not otherwise create thermoclines.

The hydrological mixing model performed for Poseidon Water [13] to estimate the areal extent
and dissipation of the plume (footprint) surrounding the outfall incorporated some physical properties
of Carlsbad Beach (shallow water and high wave energy), and assumed an initial discharge salinity
of 42 at the mouth of the channel. The model predicted sufficient mixing would be achieved to
reduce salinity to levels approved for the plant within the 200 m offshore [12,13]. However, our field
data indicate that, despite the lower salinity we measured at the outfall compare to that used in the
hydrological model (37.4 vs. 42), a discrete salinity plume extends 600 m offshore from the mouth
of the outfall, with salinity up to 35.9 observed beyond 200 m offshore (Figure 2C,D,G,H). This is
2.7 units above the mean ambient salinity (33.2) and exceeds the limit of two units over ambient within
200 m of the shore, specified in the California Ocean Plan (2015 Amendment to Water Quality Control
Plan). These results raise concerns about the adequacy of the mixing model used, and the higher than
expected salinity emphasizes the need for post-operation coastal monitoring. The higher temperature
of the plume water (1–2 degrees above ambient) did not lower the density sufficiently to negate the
higher salinity and a visible halocline developed close to the discharge channel.

Although the distinct salinity and temperature of the discharge plume were recognizable
extending seaward from the discharge channel (Figure 2), the distribution and concentrations of
DOC, POM, Chl a and nutrients (NO3, PO4 and SiO2) showed no significant temporal or spatial
patterns in the region and were not correlated to salinity (see Table S1 in Supporting Information).
Concentrations of major elements (normalized to salinity) and trace elements in the plume also did
not differ from those in other sampling sites in the vicinity. If our results are representative of SWRO
operations at other sites, they suggest that the higher salinity within the plume (perhaps accompanied
by higher temperature) would be the dominant chemical factor affecting coastal biota in terms of
chemical impacts directly related to the discharge.
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While the density of discharged brine and brine dispersion can be controlled by the design and
operational practices of SWRO plants, coastal bathymetry and wave energy that also affect plume
dispersal are not controlled through plant design. However, this study shows that these parameters
should be considered when selecting discharge locations. Carlsbad Beach is a high energy site (Figure 4)
where conditions appear optimal for brine dilution via extensive mixing in the nearshore area [13,40,41],
yet the plume was clearly detected at least 600 m offshore. Hence, dilution via mixing at this site is
inadequate. Wave energy and orbital velocities vary seasonally (Figure 4); therefore, wave-driven
mixing potential should also vary throughout the year, with greater mixing in winter—however, we
detected little difference in the brine plume’s extent and properties between May and November 2016.
This suggests that these seasonal mixing differences were not sufficient to alter the spatial extent of the
brine plume. Further dilution of the brine prior to discharge (currently 1:10 with cooling seawater)
would be required to lower the plume density and increase mixing potential. For future plants, this
could be achieved if greater volumes of water are used for cooling in a co-located power plant or if
combined with other freshwater discharges like sewage discharge. As physical and oceanographic
properties are not adjustable, use of diffusor systems instead of open channels offers a solution
for increasing dilution and mixing of SWRO discharges. At several SWRO facilities worldwide,
implementation of diffusors has successfully increased brine mixing [50,51]. Continuous monitoring
over several months or years would be necessary to determine whether the Carlsbad salinity plume
always extends far from shore, or if it was due to special conditions at the time of our sampling.

3.2. Benthic Macrofauna and Ecotoxicological Study of Brine Exposure

The benthic epifauna had higher proportions of species at the northern end of the beach than at the
southern end and around the discharge channel (see Supporting Information Figure S1), mainly due to
different habitat types (small rocky reef in the north versus sandy bottom elsewhere). Accordingly, we
only compared abundances at sampling sites with similar substrate pre- and post-operation.

The epifauna around the discharge area was dominated by tube-forming polychaetes (Onuphidae).
Post-operation the abundance of Onuphidae was significantly higher in the immediate vicinity of
the discharge channel (i.e., <200 m from the channel mouth) than in sandy areas away from the
outfall (p < 0.001) (Figure 5A). The abundance of epifauna was significantly higher (p < 0.001) in the
immediate vicinity of the discharge channel (0–200 m) compared to the abundance in the surrounding
area (250–1000 m) in post-operation measurements (7.33 ± 3.8, 4.6 ± 0.9 and 1.4 ± 0.6, 1.6 ± 0.7
individuals m−2 for May and November 2016 in close vicinity and surrounding area, respectively
(median ± SD)) (Figure 5A). This contrasts with pre-operation measurements, in which epifauna were
significantly more abundant in the surrounding sandy areas (250–1000 m from discharge) than close to
the channel (0.5 ± 1.3 individuals m−2 in the 0–200 m zone for both December and September and
7.3 ± 2.9 and 28 ± 15.7 for the 250–1000 m, December and September, respectively).

Infaunal organisms (in the upper ~10 cm of sediment) were generally more abundant in
post-operation samples, but the difference was not significant (Figure 5B). The BOPA index close
to the outfall channel was high (average of 0.23 ± 0.07), indicative of a poor ecological area with high
disturbance. However, BOPA values did not differ between pre- and post-operation sampling times
(Figure 5C).
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Figure 5. Box-whisker plots with significance letters above boxes refering to ANOVA followed by
a Tukey-HSD test with significance of p < 0.05. (A) Median values for epifauna abundance in the
immediate discharge zone (50–200 m from shore) and in the surrounding sandy areas (250–1000 m
offshore), and (B) infaunal abundance in the area around the outfall channel (100–1000 m offshore) for
pre-operation (December 2014 and September 2015) and post-operation (May and November 2016).
Box-whiskers plot of (C) BOPA-values of pre- and post-operation at the sandy areas in the discharge
zone (50–200 m from shore around the outfall) and in the surrounding sandy areas. The horizontal
dashed lines indicating the ecological rank from good (high biodiversity) to bad (low biodiversity for
mainly opportunistic species). Box-whiskers plot of the brittle stars’ arm growth (D) after five weeks of
incubation in brine from the outfall of Carlsbad Desalination Plant.

Grain size analysis of the sediment surrounding the outfall gave a sorting value of σ = 0.8 ± 0.2
both pre- and post-operation, indicating moderately sorted sand implying high flow rate from the
outfall channel which was indeed easy to observe from shore [45] (see Supporting Information Figure
S2). Grain size away from the outfall has a larger fraction of fine grains being less impacted by channel
flow. It is likely that the focused discharge of cooling water from the power plant for the past ~65 years
has resulted in sand winnowing and extensive local disturbance of the sediment and benthos, and the
addition of brine from the desalination plant does not induce any measurable acute toxicity for either
epifaunal or infaunal organisms within the plume. In fact, the increase in polychaetes abundance at
the outfall channel may be due to differential survival of organisms in the salinity plume, perhaps due
to reduction of predation by larger organisms that may avoid the salinity plume [31,52]. While the
lower abundance of epifauna in sandy areas away from the outfall zone supports this idea, we cannot
rule out possible effects of natural seasonal variability or differential species recruitment. Particularly,
the occurrence of El Niño during 2015 could have been a main driver for changes in abundances
and recruitment.
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Regardless of the specific causes, the already disturbed area from the cooling water discharge
from the power plant, and the generally low biodiversity of organisms in the sandy environment (see
Supporting Information Figure S1), result in minimal direct impacts of Carlsbad Desalination Plant
on the ecology of benthic organisms still inhabiting this area, despite the salinity plume extending
>200 m offshore.

In the incubation experiment, the brittle star growth (arm length) was not significantly different
between the treatments (Figure 5D, p > 0.06). There also was no impact on mortality. Brittle stars
are robust organisms present in virtually every marine habitat [53], and our data suggest that adult
brittle stars can live at higher salinity than ambient, including salinity expected very close to discharge
plumes [53]. In sandy environments like Carlsbad Beach, brittle stars are important for causing
bioturbation in the upper sediment that enables rapid nutrient and oxygen flows to the sediment [54,55].
The growth and development of other echinoderms endemic to coastal California (Strongylocentrotus
purpuratus (Purple Urchins) and Dendraster excentricus (Sand Dollar)) also are not significantly impacted
by salinity increases up to 37 (~10% above ambient salinity of ~33) [36].

Observations around other desalination facilities worldwide have linked decreased abundances of
epi- and infaunal organisms to increased salinity, typically when it reaches 5% above ambient [17,23,56].
Our field observations have not detected measurable negative changes (e.g., decrease) when comparing
the pre- and post-operation conditions. As noted above, we speculate that this is likely because the site
was already impacted by discharge from the power plant. We have not investigated organisms that
are present in other settings in coastal California (for example, kelp or sea grasses) and it is possible
that other organisms may be sensitive to the 3–5% above ambient salinity seen within the plume at
Carlsbad Beach.

3.3. Future Desalination Plants in California

Rocky reefs, kelp beds and seagrass beds are widespread along the coast of California, and
these highly productive ecosystems can be sensitive to small changes in their environments [57,58].
Previous experiments have shown higher mortality and lower sporulation in the macroalga Ulva
pertusa when salinity was increased by 5–10% over ambient [25]. Similarly, seagrasses are particularly
sensitive to salinity increases [20,23,59]. Our data indicate that SWRO discharge has little impact on
organisms inhabiting sandy seafloors, particularly in non-pristine anthropogenic impacted areas, and
such sites should be preferable locations for discharge of brine from new SWRO facilities. In addition,
selecting sites with high wave action will increase mixing and dilution of brine discharges; discharge
should be made offshore and in areas subjected to wave action that favors mixing.

At Carlsbad Beach, despite the relatively high average wave energy conditions (Figure 4 and
Supporting Information Table S2), wave-driven mixing was not sufficient to reduce salinity to less than
two units above ambient within 200 m from the discharge point. This suggests that meeting California’s
requirement for maintaining salinity of no more than two units above ambient within 100 m from
the discharge site [12] at new SWRO facilities, particularly large ones (e.g., Camp Pendleton), will
need more efficient discharge methods such as offshore diffusor systems, rather than a point discharge
near the beach. Our modeling of proposed sites in Southern California (Camp Pendleton and Dana
Point) shows they have lower wave energy than Carlsbad, and hence wave mixing is likely to be less
efficient close to shore (Figure 6). At Camp Pendleton, the coastal substrate is dominated by sand,
which will likely minimize possible ecological effects of the brine discharge; however, the coastal area
surrounding Dana Point is dominated by rocky reefs that may hold great biodiversity, and caution
should be taken when discharging brine at this site.
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Figure 6. Average wave energy and benthic habitat for southern California with existing (circles) and
proposed (triangles) desalination facilities (A). Zoomed perspective is shown in B–D.

All proposed sites in Central California, except for the Monterey Bay Peninsula Plant, are lower
wave energy environments than at Carlsbad Beach (Figure 7 and Table S2) and presumably, lower
mixing potentials. All of these plants are designed to have lower capacities than the Carlsbad Plant
and, for the proposed plant at Moss Landing, co-location with an existing power plant and combining
brine discharge with cooling water to increase dilution prior to discharge is possible. The benthic
habitat or the three proposed locations around Monterey Bay is a predominately sandy bottom, but
the two sites close to Moss Landing are near Elkhorn Slough, a protected National Estuarine Research
Reserve, where a more cautious approach with extended monitoring of the brine mixing may be
needed (Figure 7).

It is paramount that all proposed future desalination plants have comprehensive modeling of
mixing trends that include seasonal differences in tides, waves and wind conditions at those sites and
study the mixing potential in detail to assess if other techniques for diffusion are needed. To reduce the
footprint of brine plumes and their possible impacts, use of alternative discharge technologies, such
as diffuser systems, should be considered and appropriate modeling of the discharge design used.
Both models and practice indicate that diffuser systems increase the mixing of discharge brine with
ambient seawater [50,56,60,61]. Our results also suggest that long-term monitoring of coastal areas
in the vicinity of proposed plants will be needed both before and after construction and operation.
Ecosystem state and the likelihood for negative impact has to be considered in decisions regarding
the location of future plants with effort to ensure that discharge will occur in areas with already low
biodiversity (e.g., sandy areas and not near rocky substrate, kelp or seagrass) and where previous
disturbances have already resulted in selection for resilient organisms (e.g., co-locating with power
plant discharge, dredged areas or other potential natural or man-made disturbances).
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Figure 7. Average wave energy and benthic habitat for Monterey Bay with existing (circles) and
proposed (triangles) desalination facilities (A). Zoomed perspective is shown in B–D.

4. Conclusions

A distinct salinity plume was observed around the outfall of Carlsbad Desalination Plant with
a salinity increase of up to 2.7 units above ambient and extending 600 m offshore. This exceeds the
maximum allowed salinity perturbation in the coastal zone as stated by the California Ocean Plan
(2015 Amendment to Water Quality Control Plan). However, no significant impact was found on the
benthic epifauna or infaunal composition and abundance in the same area, possibly due to an already
disturbed conditions in this setting due to previous and ongoing discharge of post-cooling water from
a local power plant. The coastal wave energy and mixing potential at Carlsbad Beach is high compared
to other locations along the Southern and Central California coastline, and the lack of sufficient mixing
of the brine at Carlsbad Beach raises concern regarding the efficiency of brine mixing at other proposed
sites for desalination plants along the coast of California.

We recommend all future desalination facilities to be designed with optimal discharge options
of either diffusor systems or a higher dilution of the brine prior to discharge. Furthermore, they
should, where possible, be co-located with other water discharging facilities such as power plant or
waste water treatment plants to restrict potential impacts to areas that are already disturbed from
anthropogenic activities. Finally, we stress the need for long-term monitoring of coastal ecosystems in
the area surrounding proposed and current desalination facilities to fully understand the ecological
response to long-term exposure to salinity increase.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/11/2/208/s1,
Figure S1: Benthic macrofauna. Figure S2: Sediment grain size distribution, Table S1: Water chemical properties.
Table S2: Brittle star growth. Table S3: Wave energy and benthic habitat estimation.
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Abstract: Transitional waters are fragile ecosystems with high ecological, social and economic values,
that undergo numerous threats. According to the information provided by European Member States
in the framework of the European Directive 92/43/EEC (Habitat Directive), the main threat to these
ecosystems is represented by morphological and hydrological changes. The present work focuses
on six lagoon fish species included in the Habitat Directive annex II (species requiring conservation
measures: Aphanius fasciatus, A. iberus, Knipowitschia panizzae, Ninnigobius canestrinii, Valencia hispanica
and V. letourneuxi) that spend their entire life cycle in the Mediterranean priority habitat 1150*
“Coastal lagoons”. The overview of the current scientific literature allowed us to highlight how the
presence and abundance of these species may provide important indications on the conservation
status of coastal lagoon habitats. In fact, their occurrence, distribution and biology depend on the
presence of peculiar structures, such as salt marshes, small channels, isolated pools and oligohaline
areas. Coastal lagoon fragmentation and habitat loss have led to a significant reduction in genetic
diversity or local population extinction. Although Aphanius and gobies have been shown to survive
in eutrophic environments, it is clear that they cannot complete their life cycle without salt marshes
(mainly Aphanius) and wetland areas (mainly gobies).

Keywords: coastal lagoon; morphological alterations; habitat conservation; killifishes; gobies;
Mediterranean Sea

1. Introduction

In 1992, the Directive 92/43/EEC, known as the Habitat Directive (HD), was issued to promote
the “conservation of natural habitats and of wild fauna and flora” by ensuring bio-diversity
(HD art. 2 par. 1) in the territory of European Member States. In Annex I, the Habitat Directive
lists the sites of community interest, “whose conservation requires the designation of special areas
of conservation”. Among these sites, some are considered of “priority interest” because they are in
danger of disappearance, such as the priority habitat 1150* “Coastal lagoons”, defined as follows:

“Lagoons are expanses of shallow coastal saltwater, of varying salinity and water volume, wholly
or partially separated from the sea by sand banks or shingle, or, less frequently, by rocks. Salinity may
vary from brackish water to hypersalinity depending on rainfall, evaporation and through the addition
of fresh seawater from storms, temporary flooding of the sea in winter or tidal exchange” [1].

These habitats are found along all European coasts and their extent in the Mediterranean Sea
varies widely, from 2 ha of Chalikiopoulou Greek lagoon [2] to 57,000 ha of Italian lagoon of Venice.

In the Mediterranean biogeographic region (Table 1; Portugal excluded because it overlooks the
Atlantic Ocean), there are 312 coastal lagoons included in the Natura 2000 network (the ecological
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network of sites to promote restoration and protection projects, in accordance with the HD’s objectives,
art. 3) [3] and, on average, their conservation status is unfavourable/bad (U2) [4]. The threats and
pressures determining this evaluation are numerous and they can be linked both to the direct economic
development of coastal areas (D03, E01, F02, J02) and to the effects of indirect activities that take
place in the continental area (A02, A08; Table 2). These habitats, in fact, receive river inputs, enriched
with nutrients and pollutants, leading to a substantial alteration of ecological balances and a general
impairment of water quality [5]. However, the main threat is the direct destruction or reduction of
habitats, due to the construction of infrastructure (e.g., ports), dredging of shipping channels and the
creation of facilities for the regulation of hydrodynamism. Other threats include fishing, aquaculture,
recreational development and the voluntary or accidental introduction of alien species, that has induced
significant changes in environmental and ecological status [5]. From a management point of view, in
almost all Member States, coastal lagoons are public property, except for a few special cases where
some confined portions are privately managed [2].

Table 1. Number of “Coastal lagoons” (habitat code 1150*) in the Natura 2000 Network for EU Member
States in the Mediterranean biogeographic region (Portugal excluded). Data were elaborated by
consulting [3].

EU Member State in
Mediterranean Region

Number of Natura 2000 Sites as Coastal Lagoon
(HD Code 1150*)

Republic of Cyprus (CY) 1
Croatia (HR) 21
France (FR) 34
Greece (GR) 41

Italy (IT) 147
Malta (MT) 4

Slovenia (SI) 2
Spain (ES) 62

TOTAL 312

Table 2. Activities with highly important pressures and threats on “coastal lagoons” habitats throughout
the EU. The “Pressures” and “Threats” columns show the number of Member States that have reported
these activities as the ten most impacting (modified from the global report for the 2007–2012 reporting
period for coastal lagoons [4]).

Code Activity Pressures Threats

J02 Changes in water bodies conditions 21 22
H01 Pollution to surface waters 16 9
E03 Discharges (household/industrial) 7 7
F02 Fishing and harvesting aquatic resources 7 7
A08 Fertilisation in agriculture 5 5
H02 Pollution to groundwater 5 5
K02 Vegetation succession/Biocenotic evolution 5 7
A02 Modification of cultivation practices 4
E01 Urbanisation and human habitation 4 7
H03 Pollution to marine waters 4
L07 Storm, cyclone 5
D03 Shipping lanes and ports 4

From morphological and hydrodynamic points of view, each lagoon has peculiar characteristics
closely related to the amount of freshwater inputs, tidal fluctuations and human interventions that,
very often, have modified these areas either by land reclamation or by exploitation of fish resources
or for navigation. The composite mosaic of the lagoon structure, with islands, sand barriers, salt
marshes, wetlands, etc., determines a high heterogeneity from which we can derive the ability to
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support higher productivity, compared to adjacent seas. These characteristics, determined by the
transition between continental and marine environments, may also favour the presence of endemic
species of both freshwater and marine fauna [6].

However, not all organisms can tolerate these marked physio-chemical, spatial and temporal
variations, so the biodiversity can be lower than that in the adjacent sea and freshwaters, because of
the reduced euryvalence of most species. Among fish fauna, species can be categorized into functional
guilds on the basis of the way they use transitional areas: to breed, to feed, as a nursery for juveniles,
as refuge, as migratory routes between freshwaters and seas, for the entire life cycle [7–9].

The Annex II of HD includes “Animal and Plant Species of Community Interest whose conservation
requires the designation of special conservation zones”. Among these, more than 60 fish species
are listed, including bony fishes and cyclostomes. Focusing the attention on the species recorded in
the “Coastal Lagoon” habitats of the Mediterranean Sea, on the basis of data provided by Member
States [3], it was possible to fill the list in Table 3 [3,10–14], further completed with the information
on the Conservation status under the Habitat Directive and the red list assessments compiled by the
International Union for the Conservation of Nature (IUCN) [13]. This list includes 26 species that
could be grouped in functional guilds, according to the classification proposed by Potter et al. [9]:
anadromous fishes (five species), freshwater fishes (17 species) and lagoon residents (four species).
The present review aims at exploring the potential use of fish species of Community interest (sensu
Habitat Directive art. 4, letter g), as indicators in the context of lagoon coastal habitats.

Ecological indicator species are defined as species whose presence and abundance provide
information about ecosystems [15]. As the morphological alteration is one of the main threats for
coastal lagoons (Table 2, [4]), the present paper describes the biology, habitat preference, distribution
and conservation status of those fish species that are more strictly related to salt marshes and wetlands,
in order to propose them as early warning signal of habitat loss. Bortone et al. [16] indicates that the
guild of estuarine resident is the most suitable to be used as an indicator of lagoon environmental
conditions. Therefore, four lagoon resident species (Table 3), that spend their entire life cycle in a
transitional environment, were selected. Adapted to a naturally stressed ecosystem, these species
can tolerate wide environmental variations and, hence, cannot be considered indicators of water
quality. However, in the following sections, examples on how these species can be threatened by
the loss or alteration of peculiar habitat structures will demonstrate their suitability as indicators.
In this document, the term “ecological indicators” means the indicators that respond to environmental
stressors related to changes in the structure of lagoon habitats, including morphological alterations,
salinity changes, and presence of invasive alien species.

In the Habitat Directive, Aphanius fasciatus and A. iberus are referred to as belonging to the
order Atheriniformes, family Cyprinodontidae, but the recent nomenclature places them in the order
Cyprinodontiformes and the family is Aphaniidae [17]. Similarly, Knipowitschia panizzae and Ninnigobius
(former Pomatoschistus) canestrinii are listed as Perciformes, family Gobiidae, while are now attributed
to the order Gobiiformes, family Gonionellidae [12]. The most common species for the number of
reports in the Mediterranean coastal lagoons of the Natura 2000 Network is A. fasciatus (109 sites),
while the others are present in 20–30 sites (Table 3). None of these species are priority species, meaning
a species “for the conservation of which the Community has particular responsibility in view of the
proportion of their natural range” (HD art. 1 letter h) nor is present in other Annexes. Additionally,
the two species belonging to the genus Valencia were discussed, since they are phylogenetically related
to Aphanidae and have a high level of conservation priority. Moreover, V. hispanica and V. letourneuxi
occur in small coastal lakes, tolerating low salinity conditions, and the former shares the endemic
status with A. iberus along the Mediterranean Spanish coast.
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Despite the different conservation status of these six species, on the basis of the official European
and International documents, related to the Habitat Directive and IUCN red list, these species may
represent ecological indicator species of the complex mosaic of habitats characterizing the coastal
lagoons in the Circum-Mediterranean area. The first goal of the present review was to collect and
present three main components of the knowledge available on these species, on the basis of the current
scientific literature: (1) Biology and Distribution, including the main information on population ecology
and genetics, behaviour and life history (2) Conservation status, providing useful data to obtain
some insights on the estimated conservation status of these species across their geographical range of
distribution (3) Management, that is, interventions and actions conducted on these species, in terms of
habitat conservation and restoration, including all projects carried out until present to enhance the
favourable conservation status of their population.

The second goal was to overview and comparatively analyse this information, not only to provide
a state of the art on the Conservation Biology of these species, but also to identify the potential
future directions of research that may promote the use of these species as ecological indicators of
morphological alterations in Mediterranean transitional water systems.

2. Aphanius Fasciatus (Valenciennes, 1821)—Order Cyprinodontiformes

2.1. Biology and Distribution

Individuals of A. fasciatus are small in size (maximum total length of female approx. 8–9 cm [18])
and have a marked sexual dimorphism, with males being smaller than females, characterized by yellow
to yellow/orange caudal, dorsal and anal fin coloration (in some specimens, a vertical black band
can also be present on the caudal fin) and 10–12 transversal brown bands alternating with straighter,
silver-white bands on a greenish brown body [18]; females have 11–17 short dark brown bands along
both sides of the body and the background is grey. The life cycle can last at maximum six to seven
years [18,19] but, generally, sexual maturity is achieved in the first year of age [19], favouring a large
number of generations and a rapid turnover of the population [20]. Females are, generally, more
abundant than males, although the sex ratio displays significant seasonal variations: males, with
their brighter colours and striking courtship behaviour, could suffer a higher mortality during the
reproductive period [18,21,22]. It is omnivorous [18] and its diet varies with individuals’ age and
seasons: juveniles are planktonophagic while adults become benthivores [23]. Although A. fasciatus can
be found in freshwaters, especially in the terminal sections of rivers, the most abundant populations
live in coastal environments from brackish [24] to hyperhaline water bodies [20,25], both closed or
subjected to tidal excursions. It is supposed that the reproduction is synchronized with the moon
phases because adults exploit the rising spring tide to reach the most isolated canals within the salt
marsh system [26]. During the courtship, the male, trying to exclude the competitors, pushes the
female towards the optimal area for spawning, which is represented by submerged vegetation in small
and isolated creeks inside salt marsh system. Males have no territorial behaviour and parental cares
lack, so the cannibalism of eggs often occurs [27]. After hatching, which takes place 14 days after the
spawning, when the tide height is again favourable to movements, the juveniles reach small bodies
of water, isolated from open waters at low tide and, therefore, they are less at risk of predation [26].
Field observations on the life cycle of this species suggest that it is a sedentary fish throughout all of
the year, preferring isolated areas [24], well protected from predation, avoiding the open lagoon [28].
The limited home range, the large demersal eggs, the absence of larval dispersal stages [19,21] and
the fragmentation of brackish habitats lead to a genetic isolation with scarce gene flow [25] and a
high degree of genetic divergence among populations [24], inducing some authors to hypothesize
the presence (not verified) of different species within the complex A. fasciatus [20]. A marked genetic
diversity among the populations of A. fasciatus has been observed in the east coast of the Adriatic
Sea, where individuals of the saline in the Northern part were found to be genetically distinct from
those in the south [29]. Likewise, populations from Sicilian, Sardinian and Adriatic coasts display
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significant osteological differentiation [30]. Bottleneck effects were documented in some Italian lagoons
along the Tyrrhenian coast, where a high mortality rate due to particular events, such as dystrophic
crises, significant tidal changes [31] or lack of maintenance in saltern environments [25], determined
a dramatic genetic loss. However, except for these few documented cases, A. fasciatus populations
are considered to be demographically stable, namely without recent founder events or recurrent
bottlenecks [24]. In Italy, two main clusters were identified with a similar genetic structure: the
first includes the Tyrrhenian populations above about latitude 41 ◦N and the second the southern
Tyrrhenian and the Adriatic ones [32].

A. fasciatus is one of the most eurythermal and euryhaline species of the Mediterranean Sea,
being able to withstand temperature changes between 4 and 40 ◦C and to reproduce at a salinity
between 10 and 80 [20]. Despite this high capacity to adapt to extreme physical–chemical conditions,
the genetic variation within-population is very small and is threatened by natural and anthropogenic
pressures [25,32]; coupling this with the scarce gene flow among populations [24], the species survival
can be locally compromised [33]. This situation was reported in the Maltese island, where only four
populations were found in hydrologically isolated sites [34]. Furthermore, these populations were
highly vulnerable as the abundance of adults and the percentage of juvenile survival were low [35].

It is widely distributed along the coasts of central Mediterranean basin; in the easternmost coasts
it is scarcely abundant because A. dispar is present, even if, in some Egyptian lagoons, both species
have been reported and hybrids have been observed [33]. In the westernmost areas, only A. iberus has
always been recorded. According to the Natura 2000 network dataset, A. fasciatus is present along all
Italian and Greek coasts, in Malta, Croatia and Slovenia and along the Corsican coasts (Table 3).

2.2. Conservation Status

At the level of the Mediterranean Sea, it is estimated that there are 153 populations [36], and the
species is reported at 137 Natura 2000 sites, of which 109 are priority coastal lagoon habitats. In Italy,
populations are recovering and in good condition [33], but the state of conservation at the international
level is considered unfavourable/inadequate, although the species is not at risk of threat [37].

According to Natura 2000 dataset (Table 3), in Italy, A. fasciatus is present in 72 coastal lagoons,
with a heterogeneous distribution. The populations of the northern Adriatic Sea are distributed in
the lagoon systems from the Isonzo estuary to the Pialassa lagoon and appear constant over time
but distinct from each other [33,38], with a highly variable density; in fact, depending on the season
and local morphological structures, the density can range, as in the case of the Venice lagoon, from
2 ind/100 m−2 in salt marsh areas strongly influenced by tides to 205 ind/100 m−2 in almost-closed
artificial ditches [28]. In the southern Adriatic Sea, two distinct populations, one in the northern and
the other in the southern Apulia zone, may be the result of channelling works that have fragmented
the habitats and created inhospitable intermediate areas [33]. Along the Tyrrhenian coast, it is present
in Tuscany and partially in Latium, and it is believed that the absence of A. fasciatus, between Latium
and Campania, may be the consequence of extensive land reclamation conducted in the first half of the
20th century [33]. A. fasciatus surely disappeared from several inland waters, where it was reported
in the 1800s and until 1980, and recently it has been observed only in Sicilian ones [33,39]. Past and
present data on its distribution and abundance in rivers are scarce, but it is supposed that A. fasciatus,
although it can survive in freshwaters, has little affinity for this habitat [33]. In fact, freshwaters
host a more diverse community than brackish zones, where more constraining conditions limit the
taxonomic richness [40], and A. fasciatus was demonstrated to suffer from the presence of other species
and to prefer marginal and isolated zones [28,33]. Moreover, in recent years, the freshwater species
Gambusia holbrooki (order Cyprinodontiformes, family Poeciliidae) has determined the extinction of
some A. fasciatus populations in Northern Italian rivers [33,39]. This invasive species was demonstrated
to be highly aggressive in oligohaline waters, but to be less successful at higher salinity [41,42], inducing
species that can tolerate wide salinity variations to move towards brackish waters.
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Despite the reduction of the range in freshwaters, in the original brackish and coastal environments,
there has been a recovery of A. fasciatus, with the reappearance of populations considered extinct,
especially in the northern Tyrrhenian coast [33]. The factors favouring the recovery are unknown, but
the most probable reason seems to be the reappearance of wetlands and the establishment of protected
areas, including transitional water bodies [33].

In the Greek Porto Lagos lagoon, the relative abundance of A. fasciatus reached almost 10%
of the ichthyofauna community, with catch per unit effort (CPUE) from 5 in May 1989 to 1572 in
October 1989 [43]. More recent studies, also in other Greek lagoons, describe population dynamics and
structure, but they do not report density or abundance data. However, considering the number
of specimens caught during these studies, it can be supposed that the populations are rather
abundant [19,21,23].

In Cyprus Akrotiri wetlands, A. fasciatus was demonstrated to have a “contraction-expansion”
distribution depending on the annual hydrology. Based on observations between 2008 and 2015, the
species’ range was significantly contracted and, in 2016, the CPUE ranged from 12 to 931 [44].

In Croatia, until the early 2000s, the species was reported in several sites, while more recently,
it has been found only in half of the historical basins. However, some new findings were recorded
and some other habitats have to be investigated. The data available indicate that the distribution is
discontinuous along the entire eastern Adriatic coast and the captures tend to be rather low [45].

Depending on the colonization range, the main, but not unique, threats for A. fasciatus are:

1. in freshwaters, especially, competition with the invasive species G. holbrooki, which is particularly
aggressive at low salinity values [42,44]. Despite the fact that G. holbrooki can be found also
at high salinity, as for example in Mar Menor (Spain; [46]) and in some French lagoons [47],
its metabolism is particularly affected by the necessity to maintain the osmotic equilibrium.
The effects on the community structure are evident due to an increase of sex ratio (M/F): females
have a lower survival rate being larger than male and having higher reproductive investment [41];
moreover, Alcaraz et al. [48] demonstrated that, at salinity 25, its behaviour is less aggressive and
its predation capacity slower than that of A. fasciatus;

2. in hyperhaline systems, the heavy hydromorphological modifications related to the salt production
and extraction and/or the lack of maintenance leading to habitat degradation and significant
genetic loss [25];

3. in lagoon systems, the loss of habitat complexity structure due to erosive phenomena and
the consequent disappearance of salt marshes that represent the preferred habitat for refuge,
reproduction and growth of both adults and juveniles [27,28,49].

2.3. Management

Some recent works were conducted to assess the ecological value of artificial habitats (ditches) for
the species, with a view to manage and preserve these habitats as surrogates of saltmarsh areas [28,49].
In the Venice lagoon, abundant, well-structured, healthy and successful breeding populations were, in
fact, observed in abandoned artificial ditches, once used for traditional fish farming, as small marinas
or as a defence line during the two world wars [49]. These artificial ditches, located in marginal areas,
completely isolated from the open lagoon, can offer protection from predators, high resources and
determine different adaptive strategies. In the lagoon of Venice, it was observed that the populations
of natural salt marshes had a higher mortality rate than those of artificial canals, in a probable relation
with a higher predation pressure due to the presence of piscivore fishes. The different predatory
pressure, combined also with a greater availability of food, has favoured the development of different
life histories in the populations of artificial ditches, which live longer and invest more in growth
and less in reproduction [28]. These artificial ditches can, therefore, be an important resource for
the conservation of local populations, but it remains important to maintain natural ecosystems in
their complexity.
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The strong sedentary behaviour of the species can seriously compromise its ability to adapt to
environmental changes in response to human pressure, because the gene flow is reduced and it cannot
guarantee a sufficient genetic variability [24,25,32]. On the other hand, the strong relationship with the
habitat is an important feature when choosing the species as an indicator of habitat conservation status.
Its survival and reproductive rate, in fact, depends on the possibility to find sheltered areas with low
hydrodynamism. On the whole, the salt marsh structures with small tidal creeks and pools have to
be maintained and protected from erosion processes but, at the same time, the connectivity among
similar habitats has to be guaranteed, avoiding the fragmentation, due to land reclamation or to the
construction of infrastructures or to the dredging of large and deep canals. Although sedentary, the
connectivity between salt marsh areas or even lagoon systems may allow some small migrations and,
hence, a better gene flow.

Considering the water quality of some habitats where the species is generally abundant, it does
not seem necessary to pay particular attention to the trophic status, whereas heavy metals and organic
pollutants seem to affect the reproduction [50] and to cause spinal deformities [51].

The mosaic of habitats occupied by the species should be investigated and managed also in
relation to potential competition and distribution of G. holbrooki. Specific management actions to
reduce the impact of G. holbrooki on A. fasciatus were not found, but some authors described how to
intervene with other native species, mainly in freshwater habitats. An efficient management plan of
interventions could require the following actions:

(i) actions aimed at decreasing the probability of habitat recolonization by Gambusia spp. from nearby
locations, to avoid a rapid return of the species and, hence, the wastefulness of resources [52].
As an example, in the case of artificial, man-regulated habitats, the management of the water
salinity could favour the autochthonous species survival and proliferation.

(ii) non-invasive eradication methods, although, to date, the only proven, cost-efficient eradication
method is poisoning [52], but attention must be paid to the effect on native and non-target
organisms. In any case, the eradication has to be scrupulously planned, because it can be more
effective if it is carried out in area with limited probabilities of Gambusia’s recolonization [52];

(iii) actions aimed at increasing the intra-guild predation. It was found that adults of some native
species can prey on Gambusia’s eggs and larvae [53]. Therefore, strengthening the native
populations with the introduction of adult specimens may reduce Gambusia’s density.

3. Aphanius iberus (Valenciennes, 1846)—Order Cyprinodontiformes

3.1. Biology and Distribution

A. iberus is an endemic species of the Mediterranean coasts of Spain, often abundant in salt flats
and brackish waters, but, sometimes, also present in freshwaters. It has a short life cycle (about 2 years),
but a rapid growth rate and strong interannual variability in recruitment [54]. Several morphotypes
are recognized, but the degree of differentiation is similar to that of other species of the genus Aphanius.
The male has bluish grey, olive to bluish green body [18] with narrow silvery cross bands that also
extend to the tail fin; the female has an olive green or bluish body with small black spots that tend
to form stripes, one of which overlaps the lateral line. Males are also on average smaller (4.5 cm)
than females (6.0 cm). The sex ratio is rather variable, but, in general, females are more abundant,
due to male mortality after spawning [18]. As for the diet, it is omnivorous, combining both animal
(mainly crustaceans) and plant of detritic origin [55]; as a generalist, it could be able to survive even
the severe changes suffered by estuarine and coastal habitats [56]. In fact, the diet may vary depending
on the availability of prey and, although it is generally considered to be a benthivorous micropredator,
close correlations with organisms in the water column have been observed, particularly in juveniles.
When available, harpacticoid copepods are the dominant prey above all for smaller fish; larger fish
tend to add some larger prey without completely changing the trophic niche and feeding habitat
with growth [55]. A. iberus is a gonochoric species with a reproductive strategy typical of unstable

163



Water 2020, 12, 2059

environments, as it reaches sexual maturity early, already a few month-olds, investing a lot of energy.
The period of spawning varies depending on the latitudes, between May and August in the Ebro
Delta (Catalonia, Spain) [57] and until October/November to the south, in the Mar Menor (Murcia,
Spain) [58]. In one season, multiple spawning events take place [57]. Spawning and egg hatching can
occur at salinities between 5 and 60 and temperatures 22–28 ◦C [18]. Populations of A. iberus from two
areas in Catalonia (Spain) 300 km apart displayed significant genetic divergences [18]. Moreover, the
species of Aphanius of the Atlantic coast of Spain, following genetic studies, has been recognized as
A. baeticus and not as A. iberus [57].

3.2. Conservation Status

Along the Spanish coast, seven operational conservation units (OCUs) were distinguished with
an overall low gene diversity [59]. The degree of isolation of populations is very high and it was
observed that small-sized A. iberus can have a really restricted home range (approx. 250 m) [48].
The high sedentary behaviour has been accentuated by the fragmentation of habitats and the heavy
changes suffered by the estuarine and coastal environments, such as the increase in intensive farming
practices, the diversion of waterways, tourism pressure related to seasonal variability of domestic
effluents and to nautical activities, the use of wetlands for rice cultivation, and aquaculture [5,55].
The tendency of A. iberus to prefer isolated areas is one of the main factors that threatens its survival
in an environmental context in which human pressures have accentuated the fragmentation of the
territory. The scarce gene flow, as in the case of A. fasciatus, can seriously compromise adaptative
processes. In addition, habitat destruction (e.g., salt mines along the coast), water pollution and the
introduction of exotic species, especially Gambusia holbrooki, are factors that need to be counteracted
and to which conservation actions need to be directed. Laboratory and mesocosm experiments have
identified the possible negative effects that G. holbrooki can have on native populations. The coupling of
G. holbrooki’s aggressive behaviour toward A. iberus’s adults and the predation on its juveniles increases
stress, reduces feeding rates and decreases reproductive activities [60]; although, in the wild, it tends to
live more on the seabed and in saltier waters, and, hence, has fewer direct interactions with G. holbrooki.

In addition, continental populations, which live in small streams, are at risk of decline due to
poor management of aquifers, which may experience periods of drought [57]. The combination of
habitat degradation with the presence of invasive species puts this species at risk according to IUCN
assessments and in an unfavourable/inadequate state of conservation [61]. The species is reported
at 39 Natura 2000 sites but only 29 are coastal lagoons (Table 3) and they are all distributed along
Mediterranean coasts of Spain.

3.3. Management

Restoration efforts aimed at increasing the connectivity of habitats in the Ebro Delta, after
about 2–3 years did not show significant increases in the populations of A. iberus, which indeed
decreased, probably due to climatic events (very low temperatures in winter and heavy rainfall with
a consequent sudden change in salinity [54]). It is believed that the success of habitat restoration
actions or introductions of individuals for repopulation would take about 10 years to determine
whether the population will survive [54,57]. However, the reintroduction of A. iberus, also, may
not be sufficient to reinforce the wild populations because the gene diversity is globally poor [59].
Alcaraz and García-Berthou [41] observed that the periodically flooded glasswort habitats presented
a higher density of mature A. iberus, with the availability of both aquatic and terrestrial preys and a
greater foraging efficiency. Beyond the preservation of the few areas where A. iberus is still present,
the functional role of flooded habitats, such as the glasswort, may have significant implications to
improve its conservation status [41]. A. iberus is demographically more fragile, and its distribution is
more difficult to be managed than that of A. fasciatus. Despite this, more intervention projects (both
national and international) have been dedicated to the management and the recovery of the Spanish
endemism. Since 1996, three Spanish projects were co-funded by European LIFE programme aiming at
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the conservation of the species by means of habitat restoration (LIFE96 NAT/E/003118—introduced
20,000 specimen in Catalonia deltas [62]; LIFE99 NAT/E/006386—restored wetlands in Catalan Baix Ter
coastal lagoon [63]; LIFE09 NAT/ES/000520—recovered Ebro Delta’s Alfacada and Tancada lagoon
hydrologic functioning [64]). Therefore, as for A. fasciatus, the habitat restoration is the first objective
to be addressed, even though particular attention has to be paid to the introduction of alien species.
At present, G. holbrooki does not appear to be a threat [60], but the introduction of further competitive
species can be lethal. In fact, another potential competitor could be Fundulus heteroclitus [65,66], which
can live also in brackish and estuarine waters, even though, at present, the effects of the interaction
between the two species is not described.

4. Knipowitschia panizzae (Verga, 1841)—Order Gobiiformes

4.1. Biology and Distribution

K. pannizae is an euryhaline species, endemic in the Adriatic and the Ionian Sea, where it lives
in shallow, well-vegetated environments such as streams, lakes, estuaries, lagoons and terminal
stretches of rivers [67]. The body is grey-yellowish with darker and reticulated mottles; the females
have a body and fins that are brighter than those of males and during spawning the females’ bellies
are yellow [68]. It is a small predator (a few centimetres in length), of no commercial interest [69],
opportunist and generalist [70], that feeds, above all, on meio-fauna and juvenile macrofauna [71–74].
Reproduction takes place in brackish waters where the life cycle is completed in about 1 year, as adults
disappear after spawning during their second summer of life [69,75]. Females are generally more
abundant than males [75]; moreover, the female density increases during the reproductive period, but
this observation can be biased by a lower susceptibility to catching of males that remain close under
the nest [69].

The reproductive strategy is r-type (abbreviate iteroparity, sensu Miller [76]), suitable for unstable
environments, which leads to a rapid increase of individuals, a long breeding season with multiple
spawning, and females who release at each spawn about 100–150 eggs within the nests of different
males. Males, that are territorial, carry out parental care and preferably use bivalve shells as shelter
and a breeding site. Both the male and the female produce sounds, while the female approaches the
nest [39]. The male emits sounds while remaining in the nest and the female produces them only when
the ventral part is almost in contact with the male’s head. The sounds cease when the female moves
away, and are not produced during courtship outside the nest, nor during the spawning. Although it is
not entirely clear the role of these “pre-deposition” sounds, they are supposed to influence the choice
of the male by the female [77]. The species has sexual dimorphism that manifests, above all, in the
nuptial coloration of the female with a conspicuous yellow/orange pigmentation in the ventral part.
This coloration depends on the pigmentation of the dermis and is closely linked to the spawning: in
fact, it disappears afterwards. The presence of nuptial coloration is a signal indicating the approaching
spawning and its size, which varies from individual to individual, is a reliable indicator of the quantity
of eggs that will be released [78]. Since the reproductive success of the male depends on the fertility of
the female, it is believed that the conspicuousness of the nuptial coloration is the ornamental character
on which the male bases its choice [79]. In fact, there is no evidence of competition between females
and there is no correlation between body length and ventral coloration conspicuousness [78]. It is a
carotenoid-based pigmentation, which can be considered indicative of the good health of the organism.
Therefore, it is believed that the male chooses females with a bigger yellow ventral patch since they are
in better condition and therefore are more fertile, preferring them also to larger females but with a less
extensive coloration [79]. After breeding, adults die and only juveniles survive [70,75].

The high plasticity in the diet and the reproductive strategy make this species able to survive
in very unstable environments. Very abundant populations of K. panizzae have been observed in
hypertrophic basins, such as Comacchio lagoons, where dystrophic crises are frequent. This population
is probably favoured by the great availability of preys before dystrophic crises, then, during the
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unfavourable conditions, individuals move away to areas with greater circulation and oxygenation [67].
It has also been observed, with laboratory experiments, that, as a survival strategy, in particular
environmental conditions, intraspecific cannibalism can occur on juveniles or adults. Such events seem
not to be determined by just food shortages but by a combination of factors: low availability of food in
the reproductive period or poor quality of prey, as can happen during an anoxic crisis [74].

4.2. Conservation Status

K. panizzae is not a species considered to be at risk (for IUCN it is least concern and the
conservation status is favourable) and can survive, as in the example of Comacchio, even in the case of
high eutrophication, but the destruction of original habitats, mainly from a morphological point of
view, can result in local population decline. In the Venice lagoon, K. panizzae was found to considerably
prefer canals inside the salt marshes, compared to the open lagoon complex [80]. Its density, in fact, can
vary significantly on both spatial and temporal scales: the annual mean in a saltmarsh creek was found
to be 1374 ± 3167 ind/ha, while in a saltmarsh close to man-regulated canals it was 58 ± 80 ind/ha;
during summer, in the saltmarsh creek, up to 14,000 ind/ha can be collected [69], while in autumn
density can be 780 ± 1402 ind/ha [80]. The preference for more sheltered areas and possibly with
macroalgal cover may depend, also, on the potential greater availability of bivalve molluscs of the
genus Cerastoderma, whose shells are chosen as nest by males [39]. As a result, erosion and alteration of
the natural habitat, with the decline or disappearance of the structures of salt marshes can compromise
the population vitality [69].

K. panizzae was reported in 34 Natura 2000 sites, 25 of whose are coastal lagoons (Table 3) distributed
along the Adriatic coast both on Italian and Balkan side [81,82]. However, recent phylogenetic studies,
based on mitochondrial DNA analysis, have shown that K. mrakovcici, K. radovici and K. panizzae
are not distinct species and are all K. panizzae [12], so the distribution range of the species should
be reconsidered. The Adriatic and Ionian seas are the centre of diversity for sand gobies, with a
total of 17 species belonging to five genera, including Knipowitschia and Ninnigobius [12]. The wide
distribution of K. panizzae and the high ability to survive in extreme conditions allows us to suppose a
good intraspecific genetic diversity, favoured also by the panmictic behaviour and by the presence of a
free postlarval stage, favouring specimen dispersion with tide currents. However, there is a lack of
specific studies comparing the genetic diversity among populations from different regions.

4.3. Management

Sand gobies are often dominant and they can be used as an indicator of habitat productivity.
In Venice lagoon saltmarshes, in particular, their productivity was found to be higher than in other
Mediterranean wetlands, reaching up to a total annual production >600 g ha−1 year−1 [70]. The main
threat compromising this significant contribution to secondary production in coastal lagoons is
represented by the destruction of saltmarshes. K. panizzae itself is not at risk of extinction, given its
high adaptability. In Italy, in fact, accidental introductions are reported along the Tyrrhenian coast, in
Trasimeno and Bolsena Lakes and in Sicily, with good survival [39,70,83]. The concern could be on
the survival of local populations that have to be preserved, protecting or restoring saltmarsh systems.
Moreover, the reproductive rate of K. panizzae could be reduced by the absence of the preferred bivalve
shells for nest. Beyond the interventions to preserve coastal lagoon shallow habitat, river systems can
also have a significant role in population survival, as demonstrated by the fact that the populations so
far attributed to K. mrakovcici and K. radovici are K. panizzae and usually live in freshwater environments
in the Croatian Krka and Neretve basins [12]. Since 2010, K. panizzae has been among the target species
of three Italian projects co-funded by European LIFE programme (LIFE10 NAT/IT/000256—improved
hydraulic circulation and as a consequence water quality in Italian coastal salt meadows [84];
LIFE12 NAT/IT/000331—contributed to the achievement of good ecological status by transplanting
seagrasses in some areas of the Venice lagoon [85]; LIFE13 NAT/IT/000115—improved hydraulic
conditions in Po delta’s Sacca di Goro [86]).
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On the other hand, particular attention has to be paid to the accidental introduction of K. panizzae
in other basins, because it can become invasive and compromise the ecological equilibrium in fragile
ecosystems [70], entering in competition with local species with a similar ecological niche.

5. Ninnigobius canestrinii (Ninni, 1883)—Order Gobiiformes

5.1. Biology and Distribution

Pomatoschistus canestrinii has recently been attributed to the genus Ninnigobius, which includes
few species, but is phylogenetically well-distinguished by both Pomatoschistus and Knipowitzschia [12].
N. canestrinii is a small goby (about 6.5 cm), epibenthic, of no commercial interest and endemic of
the Adriatic basin [39,67,69]. The lifespan is at most 16 months, and the spawners disappear after
spawning [75]. The body is grey to bright brown, marked with very clear black points at least on
the cheeks and the opercula; males are significantly larger than females, whose coloration is, on the
whole, paler than that of the males, especially during the breeding period [68]. It lives preferentially in
unvegetated sandy or muddy environments at the mouths of rivers or in the shallow lagoon areas [39,80],
feeding on small meiobenthic invertebrates [75,87]. Its preferred habitat, characterized by low salinity,
high turbidity, shallow waters and the presence of bivalve beds, is very similar to K. panizzae’s
one [80,88]. However, N. canestrinii is known to prefer lower salinity and saltmarsh-dominated areas in
the inner part of the Venice lagoon [89]. This should not depend on competition between the two species,
because the choice of nest, reproduction times and predation tactics [39,80] are different, although
there are similarities in the behaviour, including the production of sounds during the reproductive
period [77,90]. N. canestrinii is less selective in the choice of the nest, which is created using shells,
stones, bowls and any submerged object [39]. The male has a territorial behaviour for the defence of
the nest and carries out parental care until the hatching of the eggs. Although the mechanism of sound
production is not clear, it has been observed that, in the phase immediately before the spawning, the
male “communicates” with the female, which in turn manifests a very active behaviour [90].

The species of the Gobionellidae family are often dominant in the communities of temperate
and tropical transition environments [91] and, above all, the smaller ones play an important role
in the trophic network as they favour the turnover of resources present in mobile sediments [69].
Well-structured populations are present in the lagoon of Venice [80,88] and in the basins of the
Comacchio lagoons [67]. However, since this species does not tolerate salinity over 30, it is often
also observed in oligohaline and freshwater environments [87], in some of which it was introduced
accidentally, i.e., Trasimeno Lake in Italy [92] and reservoir of the Ričica River in Croatia [82,93].
Records were also made in Bosnia-Herzegovina, in the freshwaters of the coastal lake Svitava in the
Neretve basin [94]. As the environmental characteristics of the Neretve Delta are potentially ideal as a
habitat for N. canestrinii, Tutman et al. [94] hypothesize that it has always been present in that areas,
but that in the past no special attention has been paid to investigate its presence.

5.2. Conservation Status

Compared to K. pannizae, N. canestrinii distribution is geographically more restricted (Table 3),
abundant only in the Northern part of the Adriatic Sea, but it can reach a similar or higher density.
In the Venice lagoon, in fact, its annual mean in the saltmarsh creek was found to be 1137 ± 2780 ind/ha
(K. pannizae was 1374 ± 3167 ind/ha), while it resulted more abundant than K. panizzae in other
saltmarsh zones, less sheltered but with lower salinity: N. canestrinii 239 ± 247 ind/ha compared to
K. pannizae 58 ± 86 ind/ha [69]. Despite the fact that N. canestrinii shows a preference for saltmarsh
creeks, it can be found also in more open areas, with biomass one order of magnitude higher
than that of K. pannizae (N. canestrinii 115 ± 159 g/ha compared to K. pannizae 11 ± 16 g/ha) [69].
Considering the seasonal distribution, N. canestrinii was found to have similar density in both saltmarsh
creeks (5.60 ± 15.61 ind/100 m2 in summer and 3.26 ± 9.81 ind/100 m2 in winter) and mudflats
(3.32 ± 5.94 ind/100 m2 in summer and 4.87 ± 11.58 ind/100 m2 in winter) [80].
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As an oligohaline species, N. canestrinii can be common also in freshwater habitats, where other
factors could threat its local population survival. For Trasimeno Lake, for example, it has been
hypothesized that the Eurasian copepod Lernaea cyprinacea could infest the host, generally belonging
to the Gobionellidae family, causing its death [95]. At present, there is no evidence of parasitism on
N. canestrinii and it is established that in brackish waters this risk is remote because L. cyprinacea does
not tolerate even low salinity [95].

According to IUCN assessments, the threat level for N. canestrinii is least concern and the status
is favourable [96]. Its presence is reported in 26 Natura 2000 sites, 20 of which are priority habitats
1150* (Table 3). The restricted range can determine limited gene flow, reducing the intraspecific genetic
biodiversity, but no data are available in the literature describing the difference among populations.
Although not considered to be an endangered species, its distribution and density should be carefully
monitored, because it represents a good indicator of the conservation status of coastal lagoon habitats
in its structural and morphological complexity (salts, small canals, shallow bottoms, etc.) and is
important for nekton community biodiversity.

5.3. Management

The preservation of the habitats suitable for N. canestrinii survival is the main objective to be
achieved by creating protection plans that regulate the human activities [87]. However, from 1992 to
2018, only four Italian projects co-funded by European LIFE programme, dedicated to restoration of
coastal lagoon ecosystems, indicated N. canestrinii among target species that would benefit from the
interventions ([84–86] and LIFE16 NAT/IT/000663—restoration of salinity gradient in an area of the
Venice lagoon from salinity <5 towards <15 up to <25 [97]). One of them pays particular attention to the
salinity values, introducing freshwaters and restoring the lagoon original gradient that would favour
N. canestrinii increase [89,97]. Despite that it shares the same sub-habitat as K. panizzae, no competition
seems to exist, whereas in the Po Delta, difficulties to access the structures to build the nest have
been observed for the coexistence between Pomatoschistus marmoratus and Salaria pavo [18]. Therefore,
particular attention has to be paid to keep not only the morphological structures of saltmarshes with
their tidal creeks and pools, but also the bottom undisturbed to favour the presence of submerged
objects, such as shells. On the fishing management plans, the activities impacting the bottoms have to
be carefully assessed to avoid the sediment resuspension and the nest destruction. As an example,
in the late 1990s, in the Venice lagoon, the clam harvesting activity with hydraulic and mechanical
dredging systems that dug 10–30 cm deep furrows dramatically affected the biological equilibrium
and the benthic communities [98,99].

Moreover, the introduction of allochthons Gobionellidae could be a serious threat due to the
competition for resources.

6. Valencia spp.—Order Cyprinodontiformes

In Annex II of the Habitat Directive, other two Cyprinodontiformes species are listed belonging to
the family Valenciidae: the Spanish endemism Valencia hispanica and the Greek Valencia letourneuxi.
Both V. hispanica and V. letourneuxi are priority species (indicated with an asterisk in Annex II, under
Article 1 letter h), whose preservation required special responsibility. They are freshwater species, but,
living in coastal lakes or pounds and sometimes tolerating low salinity, can be a significant indicator of
coastal lagoon status.

6.1. Valencia hispanica (Valenciennes, 1846)

6.1.1. Biology and Distribution

The distribution of V. hispanica is limited to the coast of eastern Spain, where it lives in small
freshwater systems (pools and marshes) and occasionally in brackish areas, such as lagoons or
estuaries. Adult males, on average smaller (<6.7 cm) than females (<7.1 cm), have a blue-grey
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coloration with narrow dark cross bars and yellow/orange edge on pectoral and caudal fins. They are
slow-growing individuals who can live beyond 4 years for females and over 3 for males; sexual
maturity is reached late, but multiple spawning can be observed in the period between April and
June [100]. Although behavioural differences among individuals of the same population can occur,
the general tendency of the species is to feed on 3 types of prey (Gammaridae, Sphaeromatidae and
Chironomidae larvae) and preferably on living organisms, which live in the muddy/sandy vegetated
seabed or on the surface of the water. The high specialization in the diet, even if prey of other groups
can be available, seems to be one of the main constraints for the survival of the species [56]. In addition,
other threats are added, such as habitat loss or fragmentation, the introduction of exotic species
such as Gambusia holbrooki, and worsening water quality. V. hispanica and G. holbrooki can interact
frequently because they tend to move vertically in the water column. Numerous G. holbrooki aggression
phenomena have been observed, with negative consequences for V. hispanica courtship activities and
feeding rates [60].

6.1.2. Conservation Status

According to Oliva-Paterna et al. [87], the number of natural populations of V. hispanica is 10,
five of which are considered to be in a good state of conservation. Caiola et al. [55] reports four
populations in the estuaries, but according to Natura 2000 reports, the species is present in 16 sites,
13 of which are coastal lagoons (Table 3). Despite the discrepancy in the information, the number
of natural populations is still dramatically low, and, in fact, the threat level is critically endangered.
The general conservation status is unfavourable/bad [101].

6.1.3. Management

In addition to international regulations, it is also protected at the national level, as it is one of the
most endangered species of fish fauna at European level. Moreover, since 1993, in the framework of
European action programmes, more than 100,000 individuals have been reintroduced in the Valencian
region (2500 individuals in the framework of the LIFE04 NAT/ES/000048—aiming at recovering two
permanently flooded freshwater pools [102]) and 35,000 specimens were re-introduced in the Ebro
delta (Catalonian region; LIFE96 NAT/E/003118 [62]), but at present, the effects of such activities do not
appear relevant to preserve the local populations [100].

6.2. Valencia letourneuxi (Sauvage, 1880)

6.2.1. Biology and Distribution

V. letourneuxi is distributed along the west Greek coast. It is a short-lived species that lives in
temperate freshwater basins along the coast and can tolerate a salinity up to 4 [103]. Its original
range was a basin in Corfu island (Greece), although it has not been recorded there in recent decades;
however, it is widespread from the southern coast of Albania to the Peloponnese. Although it has
also disappeared from other aquatic systems due to several causes (water pollution for dairy activities,
drying of springs, etc.), the original wide distribution along the coast has prevented the complete
extinction of the species [104]. The number of populations is in constant decline and the local density
very low (i.e., in the Greek Kalamas river system, V. letourneuxi was found only in one site with a
relative density <1%, [103]). Its typical habitats are spring streams with deep water and low current
speed, with bottoms covered with an adequate bed of vegetation that provides food, protection and
substrate for spawning [103].
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6.2.2. Conservation Status

Beyond pollution and water extraction, the strong competition with Gambusia holbrooki is a
significant threat [103,104]. Under IUCN assessments, the species is critically endangered and the
conservation status is unfavourable/inadequate [105]. In coastal lagoon environments, it has been
reported in two Greek sites (Table 3): the Delta Acheloou, Limnothalassa Mesolongiou—Aitolikou,
Ekvoles Evinou, Nisoi Echinades, Nisos Petalas and the Limnes Voulkaria Kai Saltini.

6.2.3. Management

From 1993 to 2018, no European LIFE project was funded having as target species V. letourneuxi.
Suggested interventions to improve the conservation status are nutrient load control, regulation of
water extraction activities and, possibly, the reintroduction of adults for reproduction.

7. Discussion

The natural complexity of coastal lagoons is the result of a wide range of situations, mainly
driven by the degree of confinement, the ionic composition and the salinity variations depending on
evaporation vs. inputs from rivers and seas. This determines the absence of a clear or unidirectional
salinity gradient and leads to a three-dimensional heterogeneity, influencing the species composition
and favouring the dominance of a few ecological guilds, such as, for fish fauna, the marine migrants [106].
However, several studies demonstrated the significant role of lagoon geomorphological features to
explain fish assemblages in terms of both productivity, taxonomic and functional diversity ([107–109]
and references therein). According to the Ramsar convention, wetlands (including coastal lagoons)
are “areas of marsh, fen, peatland or water, whether natural or artificial, permanent or temporary,
with water that is static or flowing, fresh, brackish or salt, including areas of marine water the depth
of which at low tide does not exceed six metres” [110]. Tidal wetlands have a significant role in
selectively trapping fine sediments, influencing the water residence time and sequestering nutrients
and pollutants [111]. In the present paper, the main focus is on the importance of fish fauna in two
structures that characterize coastal lagoons of middle and high latitudes: salt marshes and mudflats.
Marshes can be found in all aquatic environments where the erosive forces, produced by waves and
currents, are weak and a sheltered and sedimentary environment prevails. Along coasts, the amplitude
of the tidal regime determines the salt marsh structure, extension and the habitats within a salt marsh,
that can be characterized by creeks and pools, which provide diverse habitats for aquatic vegetation
and animals [112]. Nearby salt marshes, mud flats are the structures periodically inundated by the tide
and their characteristics vary depending on the tide excursion. According to Wolanski and Elliott [111],
“Mudflats located below neap high tide are wetted daily by the tides and the top layer of the mud is
commonly soft and unconsolidated. Mudflats between the neap and spring tide high water marks are
wetted on alternate weeks, whereas those in supratidal areas are tidally inundated only at the highest
astronomical tides.”

Multifactorial approaches are recommended to describe the ecological status of coastal
lagoons [106], due to the high heterogeneity described above and also considering that the larger
the lagoon, the greater the habitat diversity [108]. Traditional metrics or the indices developed in
the framework of National and International laws mainly focus on the water quality or on rapid
environmental changes. Often, the information on the rate and impact of erosive processes that affect
lagoon morphology on a long-term scale is missed. Therefore, the use of indicator species can add
additional support to decision-makers, targeting specific management actions to habitat restoration [15],
focusing on morphological alterations, salinity changes, and the presence of invasive alien species.
Ecological indicator species are sensitive to particular environment attributes [113], so their presence
and abundance can provide information on it [15]. Despite that marine migrants, mainly juveniles,
received much more attention in coastal lagoon research, due to their fishery importance, the few
fish species of lagoon residents are more abundant [91,114–116] and can be more suitable indicators
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due to their low dispersal abilities and strong relationships with lagoon morphological structures
during their entire life cycle. Some evidence on the relationship between morphological degradation
and the status of nekton community highlighted that the effects of pressures acting on the lagoon
morphology are stronger for resident species than for marine migrants [117]. As an example, the
populations of Atherina boyeri (Risso, 1810), a small estuarine resident of commercial interest, resulted
to be significantly affected by pressures deriving from the morphological (hydrological) alteration in
Marano-Grado lagoon system (Northern Adriatic Sea) [118].

7.1. Cyprinodontiformes (Aphaniidae and Valenciidae)

Among the lagoon residents included in Annex II of the Habitat Directive here presented, A. fasciatus
is recognized to be a typical component of the fish community of saltmarsh systems [114,119], which
generally represent important transition areas in buffering flood phenomena [31] or in supporting the
morphological complexity that counteracts the increasing inputs of seawaters. The in-depth study of
A. fasciatus bio-ecology could provide the necessary tools to monitor and manage the erosion processes
that affect its habitat.

The present overview highlights the occurrence of A. fasciatus in brackish to hyperhaline systems
characterized by shelter habitats: such as small-sized intertidal creeks (200–250 m long, 2–4 m width),
with a maximum depth of 0.7 m [49]. A. fasciatus seems to be able to tolerate eutrophic waters, but it
needs small tidal creeks or sheltered canals to maintain successful reproductive and survival rates,
indicating a significant relationship with the structure of saltmarshes. Moreover, sites with around 15%
of organic matter were found to better support the local population than the zones with a percentage
around 7% [28]. Locally, healthy populations were found to reach an annual mean higher than
100 ind/100 m2 [28], while in the areas where a decreasing trend was observed, the catching accounts
for few specimens [34,44]. The presence of aquatic vegetation coverage is another fundamental factor.

Beyond salt marsh degradation, and due to an increasing erosive process, habitat fragmentation
also tends to accentuate population isolation and weaken their genetic heritage and, in the long term,
adaptive capacity. The effects of habitat fragmentation and the consequent increase of isolation would
be evident in the future, when the intraspecific genetic diversity will be drastically reduced.

Furthermore, A. fasciatus was demonstrated to be strongly related to artificial habitats, such as salt
works and small man-made creeks [28,49], that are important components of the lagoon landscape, as
the historical product of the interaction between traditional human activities and the lagoon coastal
habitats. This species could, therefore, be considered indicator species for these peculiar components
of the lagoon landscape, contributing to support its conservation and management.

The use of A. fasciatus as a sentinel of anthropogenic impacts in Mediterranean coastal lagoons is
well-documented [51,120,121]. In fact, Kessabi et al. [51] believe that it may be a good indicator for
detecting metal and organic pollutants by using mRNA biomarkers. Heavy metal pollution effects were,
in fact, documented in both reproductive function [50] and spinal deformities [51]. Mossesso et al. [120]
proposed A. fasciatus like a promising “sentinel organism” to detect the genotoxic impact of complex
mixtures in coastal lagoon ecosystems.

As endemic species, A. iberus, that is, the most endangered species among lagoon residents, and
V. hispanica and V. letourneuxi, which are priority species, can provide information on local habitats of
high ecological value. In particular, A. iberus can be used as an indicator of the functional complexity
of the lagoon ecosystem, with a habitat affinity similar to that of A. fasciatus, while the Valencia spp. are
sensitive to hydrological variations and salinity increase. A. iberus was found to be more abundant far
from the sea and to prefer vegetated areas [54]. V. letourneuxi was found to tolerate a salinity up to 4
in the wild [103]. Therefore, the increase of seawater intrusion due to infrastructural intervention or
aquifer management could have further compromised its presence.
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7.2. Gobiiformes, Gobionellidae

K. panizzae and N. canestrinii distribution is more limited than that of A. fasciatus; however, where
present, they show important density, demonstrating an exclusive relationship with lagoon morphology.
K. panizzae partially provides similar information as A. fasciatus does for saltmarsh systems, but it is also
sensitive to alteration of mudflats (sensu Wolanski and Elliott [111]), where males usually prepare the
nests. Therefore, the creation of infrastructures (such as navigable canals and water pipe digging) or
their maintenance and, in general, the use of dredging systems represents a serious threat for the local
population, ending in the destruction of breeding sites. Males of both species need hard structures and
cavities to build their nest, such as shells or other artificial structures. This means that the substrate of
their breeding habitats should be structurally complex.

Depending on the habitat structure, the literature demonstrates that the population density of
K. panizzae can vary by even up to two orders of magnitude. Approximately, it can be supposed that a
population with an annual density below 100 ind/100 m2 should be monitored with particular care.

Despite being able to tolerate high eutrophicated systems [67] and suffering from the alteration
and fragmentation of native habitats, due to the loss of typically lagoon morphologies as in the case of
A. fasciatus and K. panizzae, N. canestrinii is particularly sensitive to salinity increase, its optimal salinity
values ranging from 2 to 20 and never exceeding 30 [87]. Human-regulation of water exchanges is
frequent in Mediterranean costal lagoons to meet the need for numerous anthropogenic activities, such
as navigation and fishing and aquaculture, and to maintain the functioning of the ecosystem [122].
Modifying communication with the sea and dredging canals may lead to significant changes in
retention time [123] and salinity values [122]. Moreover, the ongoing climate changes and the future
sea-level rise can accentuate these processes, increase eutrophication and accelerate the erosion rate
of wetlands [5,124]. Although the species seems to not be affected by high eutrophication levels, the
salinity rise and the saltmarsh degradation remain a serious threat. In light of these considerations,
the decrease of N. canestrinii populations could be a marker of environmental processes leading to
higher salinity and a higher sea level, indicating a direction of change in coastal lagoons towards
marine environments.

7.3. Conservation Management Issues

Consulting the European Union database and the literature:

(1) At the European level, few management actions have been undertaken since the issue of the
HD. Despite the attention of European Union towards habitat conservation status, in the period
from 1992 to 2018, 1691 projects were co-financed through the LIFE Financial Programme
(Sub-Programme Environment—Nature and biodiversity). These projects were specifically
dedicated to promoting conservation efforts of Natura 2000 Network sites and/or of Community
interest species listed in Annex II of the Habitat Directive. Among the 1691 projects, 682 were
carried out by the Member States which have coasts bordering the Mediterranean Sea and 60
to the priority habitat 1150*. Excluding the Atlantic lagoons of France and Spain, there were
52 projects left for Mediterranean lagoons and only 10 explicitly stated the objective of improving
environmental conditions in relation to fish species of Community interest and especially those
of the Aphanius species. From this information, it is not possible to understand if few proposals
were submitted by Member States or if they were not targeting the LIFE Financial Programme
aims, and, thus, were not financed, but the number sounds very low. Therefore, more attention
towards the here-discussed species has to be paid in light of their role as potential indicators of
ecosystem conservation status.

(2) At the national level, some interventions were dedicated to the Spanish endemisms A. iberus and
V. hispanica, but with poor success.
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(3) In the European Union, the regulation 1143/2014 [125] entered into force on 1 January 2015, to set
common rules that allow the Member States to coordinate actions with the aims of preventing,
early detecting, rapidly eradicating and managing invasive species. The core of Regulation
(EU) 1143/2014 is the list of Invasive Alien Species (IAS) of Union concern, which includes four
fish species (three freshwaters and one marine species), subject to restrictions and measures
for the early detection and rapid eradication. None of these species are of concern for coastal
lagoon habitats, but, as an example, Gambusia holbrookii, that was demonstrated to be aggressive
and competitive towards Aphanius spp. and Valencia spp. in oligohaline waters, is not in the
list. G. holbrooki already drove the A. fasciatus population to extinction in some Italian inland
waters [33] and V. hispanica is seriously at risk. Being among the 100 most invasive species at the
international level [126] and demonstrating its aggressiveness, Gambusia should be included in
the European list of IAS. At the moment, efficient solutions to the eradications of G. holbrooki are
poorly documented, but efforts should be addressed to avoid further introduction.

(4) In the European basin of the Mediterranean Sea, some areas of particular importance for the
conservation of species are: western Greece, the Acheloos Delta, along the Balkan coast, the
Neretve Delta, along the northwest coast of the Adriatic Sea, the system of coastal lagoons from
Grado-Marano to the Po Delta, along the coast of Mediterranean Spain, the Ebro Delta [127].

(5) The species discussed here are strongly related to local environmental features. Therefore, absolute
density values indicating the limit between healthy condition and local extinction are difficult to
be set at the Mediterranean basin level. The most important issue to be addressed is the local
monitoring activity. The use of species included in the national and international regulations, as
in the case here presented, could make their use as indicators more efficient, because:

a. data collection is compulsory, and in the case of Natura 2000, started in the mid-1990s and
for all Member States, allowing the assessment of long-term trends on a large spatial scale;

b. data are comparable;
c. the access to funding can be facilitated.

8. Conclusions

The aim of the present paper was to summarise the information on the fish fauna of Community
interest (sensu European Habitat Directive) in coastal lagoons and to highlight how they can provide
indications on morphological conservation status of salt marshes and mudflats. The following was
achieved:

(1) The complex of species Aphanius + Valencia could be used as indicator of habitat alterations in
coastal lagoons, focusing, in particular, on salt marsh complexity, habitat connectivity within the
lagoon or among adjacent lagoon systems and the presence of a system of artificial habitats, such
as salt-works and man-made creeks. The presence and abundance of these species indicate, in
fact, a mosaic of isolated and closed habitats, with respect to the open lagoons. The complex
system of small creeks and pools has a significant role, not only for lagoon residents, but also for
many other fish fauna species, also of commercial interest, such as marine migrants, of which
juveniles exploit the trophic resource in saltmarsh areas. Together with A. fasciatus, K. panizzae,
N. canestrinii, it is possible to find A. boyeri, Sparus aurata (L.) and some species of the genus
Chelon and of the family Sygnathidae [49]. V. hispanica was found in the same sampling site
as Anguilla anguilla (L.), Mugil cephalus (L.), Pomatoschistus microps (Krøyer) and A. boyeri [55].
The lagoon residents are more sensible to local habitat alterations than marine migrants [101],
therefore, the species belonging to Aphanius + Valencia genera can be considered umbrella species,
through which protection and broader conservation objectives could be achieved also for other
species [113], even of economic interest. Their decrease, as a consequence of habitat degradation
due to sea level rise, excavations of canals and infrastructure development, can be recorded earlier
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than that of other guilds. Mainly A. fasciatus responds to the definition of umbrella species, being
highly detectable and correlating with species diversity [15].

(2) A decrease in the presence and abundance of the two small gobies, K. panizzae and N. canestrinii,
could partially indicate the same alterations in terms of habitat complexity and connectivity as
Aphanius + Valencia, but they also provide information on the structural changes of the lagoon
substrate that they use for nesting. Moreover, N. canestrinii selects a salinity range between 2
and 20 and could be useful as an indicator of oligohaline habitats, that could be threatened by
significant rise of sea influence on coastal lagoon hydrodynamism.

(3) Beyond the morphological alterations, Aphanius+Valencia species could be used, also, as ecological
indicators in relation to the distribution, occurrence and abundance of the invasive Gambusia
complex or of other alien species compromising the coastal lagoon biological community.

(4) Mainly A. fasciatus was demonstrated to be particularly sensible to heavy metal contamination.
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