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1. Introduction

Research related to ambient particulate matter (PM) remains very relative today due
to the adverse effects PM have on human health. PM are pollutants with varying chemical
compositions and may originate from many different emission sources, which directly
affects their toxicity. To formulate effective control and mitigation strategies, it is necessary
to identify PM sources and estimate their influence on ambient PM concentration, a process
that is known as source apportionment (SA). Depending on the geographical location
and characteristics of an area, many anthropogenic and natural sources may contribute
to PM concentration levels, such as dust resuspension, sea salt, traffic, secondary aerosol
formation (both organic and inorganic), industrial emissions, ship emissions, biomass
burning, power plant emissions, etc.

Different methodological approaches have been used over recent years to study the
aforementioned topics, but some scientific challenges remain, mainly related to the subjects
of real-time chemical analysis and SA, uncertainty estimation of SA results, and analytical
optimization for PM samples. Additionally, there are areas in the world for which results
regarding the composition and sources of PM are still scarce.

This Special Issue’s target was to include studies on all aspects of PM chemical
characterization and source apportionment regarding the inorganic and/or organic fraction
of PM.

2. Results

This special issue includes 14 published studies referring to different regions around
the world: Europe (seven), Asia (two), N. America (two), S. America (one), Africa (one),
and Antarctica (one). The wide variety of areas included in the issue provide a good
overview of particulate-related pollution worldwide. Even though the classification is not
always easy as the studies discuss more than one subject, the publications of the issue can
be divided into two sub-groups: source apportionment or contributions of specific sources
to PM (nine papers), and composition, characterization, and characteristics of PM (five
papers).

The first sub-group includes nine papers. In the study entitled “Contribution of
Volcanic and Fumarolic Emission to the Aerosol in Marine Atmosphere in the Central
Mediterranean Sea: Results from Med-Oceanor 2017 Cruise Campaign”, the authors
Moretti et al. [1] studied the contribution of the geogenic sources volcanoes and fumaroles
to the aerosol in marine atmosphere in the central Mediterranean basin. The study was
carried out in the framework of the Med-Oceanor measurement program and aimed
in assessing the impact to the aerosol of the most important Mediterranean volcanoes
(Mount Etna, Stromboli Island, and Marsili Seamount) and solfatara areas (Phlegraean
Fields complex, Volcano Islands, Ischia Island, and Panarea submarine fumarole). Using
factor analysis and SEM/EDX (Scanning Electron Microscopy with Energy Dispersive
X-Ray Analysis) analysis for the source apportionment, anthropogenic and natural sources

Atmosphere 2021, 12, 462. https://doi.org/10.3390/atmos12040462 https://www.mdpi.com/journal/atmosphere
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including shipping emissions, volcanic and fumarolic load, as well as sea spray were
identified as the main factors affecting aerosol levels in the study area.

In another study that took place in Patra, Greece with the title “Source Apportionment
of Fine Organic and Inorganic Atmospheric Aerosol in an Urban Background Area in
Greece”, the authors Manousakas et al. [2] identified and quantified the contributions to
both the inorganic and the organic fractions of PM in the area. To meet that goal, both on-
and off-line techniques were used, including elemental composition, organic and elemental
carbon (OC and EC) measurements, and high-resolution Aerosol Mass Spectrometry (AMS)
from different techniques. The results of the two methods were synthesized, showcasing
the complementarity of the two methodologies for fine PM source identification. The
synthesis suggests that the contribution of biomass burning is quite robust, but that the
exhaust traffic emissions are not due to local sources and may also include secondary OA
from other sources.

In a publication regarding the sources of total suspended particulate (TSP) in Antarctic,
“Local and Remote Sources of Airborne Suspended Particulate Matter in the Antarctic
Region”, the authors Marina-Montes et al. [3] identified a potentially significant role of
terrestrial inputs, marine environments, and biological inputs. Air mass back trajectories
were used to confirm the elemental source. These trajectories revealed that both crustal and
marine inputs occurred following different pathways and were influenced by the Antarctic
Circumpolar pattern.

Yoon et al. [4], in their publication “Fine and Coarse Carbonaceous Aerosol in Hous-
ton, TX, during DISCOVER-AQ”, investigated the major sources and trends of particulate
pollution in Houston. Total suspended particulate (TSP) and fine particulate matter (PM2.5)
samples were collected and analyzed. Characterization of organic carbon (OC) and elemen-
tal carbon (EC) combined with real-time black carbon (BC) concentration provided insight
into the temporal trends of PM2.5 and coarse PM in Houston in 2013. Lachatre et al. [5],
“Air Quality Degradation by Mineral Dust over Beijing, Chengdu and Shanghai Chinese
Megacities”, quantified the degradation of air quality by dust over Beijing, Chengdu and
Shanghai megacities using the three dimensions (3D) chemistry transport model CHIMERE,
which simulates dust emission and transport online. According to their findings, annual
dust contributions to the PM10 budget over Beijing, Chengdu and Shanghai were evaluated
respectively as 6.6%, 9.5%, and 9.3%, while they estimated that dust outbreaks largely
contribute to poor air quality events during springtime.

In a study conducted in Sofia, Bulgaria, Hristova et al. [6] identified the source contri-
butions to PM10 during the period January 2019–January 2020. The results from the source
apportionment study showed that the resuspension factor is the main contributor to the
total PM10 mass (25%), followed by biomass burning (23%), mixed SO4

2− (19%), secondary
(16%), traffic (9%), industry (4%), nitrate rich (4%), and fuel oil burning (0.4%) in Sofia.

Lonati et al. [7] performed air quality modeling at the very local scale, within the
urban area of the Milan city center in Italy, is performed through a hybrid modeling
system (HMS) that combines the CAMx Eulerian model with AUSTAL2000 Lagrangian
model. Results show that the outcome of the Eulerian model at the local scale is only
representative of a background level, similar to the Lagrangian model’s outcome for the
green area receptor, but fails to reproduce concentration gradients and hot-spots, driven by
local-source emissions.

In another interesting study that took place in Dakar, Senegal, “Source Apportionment
and Assessment of Air Quality Index of PM2.5–10 and PM2.5 in at Two Different Sites in
Urban Background Area in Senegal”, Kebe et al. [8] have quantified PM2.5 and PMcoarse
sources in the area using Positive Matrix Factorization (PMF), and specifically the version
of the Enviromental Protection Agency of USA (US EPA), the PMF 5. Four PM sources were
identified: industrial emissions, mineral dust, traffic emissions, and sea salt/secondary
sulfates. The study showcased the importance of natural sources such as dust resuspension
in countries located near to the arid regions of Africa.
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In the final study of this sub-group, “First-Time Source Apportionment Analysis
of Deposited Particulate Matter from a Moss Biomonitoring Study in Northern Greece”,
Betsou et al. [9] have moss samples as biomonitors of deposited PM. A total of one hun-
dred and five samples, mainly of the Hypnum cupressiforme Hedw moss species, were
collected from the Northern Greece during 2015–2016, which also included samples from
the metalliferous area of Skouries. Using the PMF model, five sources were identified in
the region: soil dust, aged sea salt, road dust, lignite power plants, and an Mn-rich source.

The second sub-group includes five papers. In the study of Cui et al. [10], “Charac-
teristics of black carbon particle-bound polycyclic aromatic hydrocarbons in two sites of
Nanjing and Shanghai, China”, the sources of PAHs ( Polycyclic aromatic hydrocarbons)
and refractory black carbon (rBC) were explored. This work, for the first time, investigated
exclusively the rBC-bound PAH properties by using a laser-only Aerodyne soot-particle
aerosol mass spectrometer (SP-AMS). Two datasets were used from urban Shanghai during
the fall of 2018 and in suburban Nanjing during the winter of 2017, respectively. A multi-
linear regression algorithm combined with PMF analyses on sources of PAHs revealed that
the industry emissions contributed the majority of PAHs in Nanjing (~80%), while traffic
emissions dominated PAHs in Shanghai (~70%).

In the study of Popovicheva et al. [11], “Functional factors of biomass burning con-
tribution to spring aerosol composition in a megacity: Combined FTIR-PCA analyses”,
the authors used Principal Component Analysis (PCA) on infrared Fourier transmission
(FTIR) spectroscopy data to estimate sources of aerosols in Moscow megacity in the spring
of 2017. Principal component loadings of 58%, 21%, and 11% of variability reveal the
functional factors of transport, biomass burning, biogenic, dust, and secondary aerosol
spring source impacts. Caumo et al. [12], in their study “Variation of the distribution of
atmospheric n-alkanes emitted by different fuels’ combustion”, presented the emission
profiles of n-alkanes for different vehicular sources in two Brazilian São Paulo and Salvador
using PCA. According to the analysis, the principal factors were attributed to mixed sources
and to bus emissions. Pateraki et al. [13], “Differentiation of the Athens Fine PM Profile
during Economic Recession (March of 2008 Versus March of 2013): Impact of Changes
in Anthropogenic Emissions and the Associated Health Effect” evaluated the impact of
the anthropogenic contribution to the fine PM chemical profile in Athens, Greece. They
concluded that although the monitoring location was traffic-impacted, the heating sector,
from both wood-burning and fossil fuel, proved to be the driving force for the configuration
of the obtained PM picture.

In the last paper of the collection by Vinson et al. [14], “Seasonal Variation in the
Chemical Composition and Oxidative Potential of PM2.5”, the purpose of this study was to
analyze and compare the oxidative potential and elemental composition of PM2.5 collected
along two highways in central Oregon, USA in the winter (January) and summer (July–
August). The oxidative potential (nM DTT consumed/μg PM2.5/min) differed between
seasons with summer samples having nearly a two-fold increase when compared to the
winter. Significant negative correlations were observed between DTT consumption and
several elements as well as with PM2.5 mass, but the findings were dependent on if the
data was normalized by PM2.5 mass.

3. Conclusions

The studies in the collection can be divided into two sub-groups: source apportion-
ment or contributions of specific sources to PM (nine papers), and composition, charac-
terization, and characteristics of PM (five papers). All of the published studies in the first
sub-group provide valuable information about PM sources in different regions worldwide
and they showcase the importance and great relevance of source apportionment studies
even today. Even though specific tools are preferred for such studies, such as PMF, various
other tools that can be used that are described in the collection.

3
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The studies from the second sub-group focus on certain chemical PM species and
report PM’s chemical characteristics in different areas and PM originating from specific
sources.

The entire collection of studies provided valuable insights on PM chemical char-
acterization and source apportionment regarding the inorganic and/or organic fraction
of PM.
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Abstract: This work studied the contribution of the geogenic sources volcanoes and fumaroles to the
aerosol in marine atmosphere in the central Mediterranean basin. For this purpose, in the framework
of the Med-Oceanor measurement program, we carried out a cruise campaign in the summer of 2017
to investigate the impact to the aerosol of the most important Mediterranean volcanoes (Mount Etna,
Stromboli Island, and Marsili Seamount) and solfatara areas (Phlegraean Fields complex, Volcano
Islands, Ischia Island, and Panarea submarine fumarole). We collected PM10 and PM2.5 samples in
12 sites and performed chemical characterization to gather information about the concentration of
major and trace elements, elemental carbon (EC), organic carbon (OC), and ionic species. The use
of triangular plots and the calculation of enrichment factors confirmed the interception of volcanic
plume. We integrated the outcomes from chemical characterization with the use of factor analysis
and SEM/EDX analysis for the source apportionment. Anthropogenic and natural sources including
shipping emissions, volcanic and fumarolic load, as well as sea spray were identified as the main
factors affecting aerosol levels in the study area. Furthermore, we performed pattern recognition
analysis by stepwise linear discriminant analysis to seek differences in the composition of PM10 and
PM2.5 samples according to their volcanic or solfatara origin.

Keywords: Mediterranean Sea; particulate matter; volcanic area; air quality; carbonaceous compounds;
element analysis

1. Introduction

Advancements in the current state of knowledge of atmospheric aerosols are an important research
topic because of their implications in environmental and health issues [1]. Nowadays, much of the
air pollution results from human activities, but natural sources also contribute to the increase of
the exposure level of the population and ecosystem to the polluted air. Typically, the major natural
emissions in terms of mass include sea spray (84%) and mineral dust (13%), along with other sources
such as biological primary organic aerosols (POA), volcanic emissions, biogenic secondary organic
aerosols (SOA), and biogenic sulfate particles [2]. Anthropogenic aerosols contribute only 2% to global

Atmosphere 2020, 11, 149; doi:10.3390/atmos11020149 www.mdpi.com/journal/atmosphere5
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emissions, mainly in the form of anthropogenic sulfate (49%) and industrial dust (40%), with additional
emissions of anthropogenic nitrate, SOA, and fossil fuel-derived POA. On a global-scale, primary
aerosols are dominant over secondary species (98% vs. 2%), whereas on the local-scale, this scenario is
reversed [2]. Indeed, the source contributions to ambient aerosols may differ from one region to another
since they are strongly affected by a broad spatial variability. Owing to the importance of aerosol
investigation on both global and local scales, several international programs aim to assess its chemistry
and interaction with the climate, e.g., Charmex (Chemistry-Aerosol Mediterranean Experiment) and
IGAC (International Global Atmospheric Chemistry). The study and identification of events affecting
air quality are complex tasks in which data handling strategies including aerosol maps, back-trajectory
analysis, and receptor modeling support the laboratory analysis on the composition of particulate
matter (PM). In this respect, the use of mass spectrometry technologies has been giving a considerable
impulse allowing in-depth analyses and characterization of the PM [3] as well as other environmental
matrices [4,5]. Natural contributions to the levels of ambient air particulate matter (PM) and their
speciation in Europe have been characterized using different approaches in many studies [2,6–13].
The air quality of Mediterranean countries can be affected by four major natural sources of atmospheric
aerosol, i.e., African dust, sea spray, wildfire, and volcanic emission [2]. The wind-blow African dust can
increase ambient PM levels even above the PM thresholds [12–15], and its contribution that originates
from arid and semiarid areas leads to an increase of mineral dust in the atmosphere. Another important
pollution source is derived from the dispersed PM emitted from the sea surface, generally referred to
as sea spray. Sea spray is produced by the bubble-bursting processes or wind-induced wave breaking,
resulting in a spray of particles in the size range from sub-micrometers up to a few micrometers [16].
Carbonaceous aerosol derived from wildfires is another natural source of aerosol constituents due to
the burning of forests and other vegetation through natural processes [10]. In Mediterranean countries,
fire emissions during summer have special relevance because the weather is dry and hot [17], and fire
outbreaks are commonly fanned by strong winds. A further contribution to PM is given by volcanic
emissions, which release a considerable variety of compounds, such as water vapor, ash, CO2, SO2,
and HCl [18] through the summit of volcanic edifices as well as through fumarolic vents, which are
generated by surface fractures usually occurring in the neighborhood of volcanoes [19]. Volcanic
activity has not only a local impact on the troposphere but also a global influence since emissions may
reach the stratosphere [20].

The lack of information about the contribution of volcanic activity to the aerosol in the atmosphere
significantly restricts the assessments of environmental and human health risks, which are of
considerable concern in the central sector of the Mediterranean Sea because of the presence of
numerous active volcanoes including Etna and Stromboli and fumaroles such as those on the Volcano
Island and in the area of Phlegraean Fields, or submarine fumaroles near Panarea Island. Several
studies focused on the contribution of aerosol emissions from volcanic activities to the ambient air
pollutants around the volcanoes or fumaroles using different approaches [21–24]. However, these
works studied a single area at a time and provided for an on-land sampling of the aerosol, thereby
assessing the impact near the sources. In previous work, our group dealt with the influence of volcanic
sources on the atmospheric PM during a cruise campaign in the Mediterranean basin [25]; however,
the local volcanic impact in the Mediterranean area has not been adequately investigated yet. In the
effort to fill these observation gaps, the Institute of Atmospheric Pollution Research of the National
Research Council (CNR-IIA) within the ongoing Med-Oceanor program [26] has started, since 2000,
regular cruise measurement campaigns across the Mediterranean Sea. In this context, our work reports
about the input from volcanoes and fumaroles to the levels and composition of atmospheric aerosols
in the central Mediterranean Sea. We performed this study during the 2017 research cruise campaign
covering the study of trace metals, ionic species, organic carbon (OC), and elemental carbon (EC).
Aerosol particulate in its PM10 and PM2.5 fraction was collected and analyzed by different techniques
for metal and ions determination. We merged the results of the chemical characterization with the PM
investigation using scanning electron microscopy with energy-dispersive X-ray analysis (SEM/EDX)
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and strategies of data analysis including receptor modeling tools to identify the potential contribution
of different sources to the PM in the central Mediterranean area.

2. Studied Area and Measurement Scheme

We performed aerosol sampling from 19 August to 4 September 2017 on-board of the research
vessel “Minerva Uno” of the Italian National Research Council (CNR) during the oceanographic
campaign Med-Oceanor 2017. Except for the last two days of the operation, the local weather conditions
were characterized by low wind speed (between 0.3 and 13.5 m s−1) and by stable average daily values
of temperature and pressure, ranging between 23.7 and 29.2 ◦C and 1009 and 1019 hPa, respectively.
The route involved 12 stops (Figure 1), each belonging to volcanic or fumarole areas. The volcanic area
comprised Mount Etna, Stromboli Island, and Marsili Seamount, while the fumarole area comprised the
Phlegraean Fields complex, Vulcano Island, Ischia Island, and Panarea submarine fumarole. To simplify
the identification of the sampling zones, we labeled each stop using the name of the neighboring site.

 

Figure 1. Map of sampling sites; red diamonds represent the volcanic sites while the yellow diamonds
represent fumarolic sites: (1) Campania area; (2) Eolian archipelago; (3) Etnean area.

2.1. The Mount Etna

Mount Etna, one of the most active volcanoes in the world, covers an area of about 1250 km2

and reaches an altitude of about 3340 m a.s.l. (37.754193◦ N, 14.978929◦ E) (Figure 1). It has been
active during historical time, with frequent paroxysmal episodes separated by passive degassing
periods. The edifice consists of a lower shield unit overlain by a stratovolcano [27] that is truncated
at 2800–2900 m of altitude by the Ellittico caldera and Cratere del Piano, while the upper part of
the volcano culminates with a large summit cone endowed with four active craters (Bocca Nuova,
Voragine, Northeast, and Southeast Craters). The general atmospheric circulation in the Etnean area is
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predominantly westerly to northwesterly. According to these considerations, sampling sites in this
zone were located in front of the Acireale and Acicastello coasts.

2.2. Stromboli

Stromboli is an island volcano belonging to the Eolian volcanic arc (926 m a.s.l; 38.7891◦ N,
15.2131◦ E) (Figure 1). It is an isolated volcano characterized by permanent activity and continuous gas
emissions from potassium-rich basalt. Although Stromboli has a significant hydrothermal system [28],
its magma also degasses directly into the atmosphere (i.e., at very high temperature, >1000 ◦C) from
lava-filled vents. Such systems are often described as “open-conduit” volcanoes and can degas very
large quantities of unerupted magma. Three different sampling sites around the island of Stromboli
were monitored labeled as Stromboli (1), Stromboli (2), and Stromboli (3).

2.3. Marsili

Marsili Seamount is about 60 km long and 20 km wide, rising about 3000 m from the seafloor
at over 3500 m water depth (39.236276◦ N, 14.369875◦ E) (Figure 1). The possible existence of a very
large underwater explosive volcano, together with some encouraging clues that point to Marsili as
an important and potential long-lasting-renewable energy resource [29], has reinforced research and
exploitation efforts in this area. The existence of an active magmatic chamber at about 2.5 km below
the summit was proposed on the basis of petrologic studies of basalts [30], and it is compatible with
gravimetric and magnetic data modeling [31], as well as geochemical observations on the summit [32].
We monitored this area by a sampling stop above the crater of the volcano.

2.4. Phlegraean Fields

Solfatara, a crater located within the Phlegraean Fields (458 m a.s.l.; 40.8271◦ N, 14.1391◦ E),
a quaternary volcanic complex near Naples (Figure 1), is renowned for its vigorous, low-temperature
degassing. Indeed, the term Solfatara is applied to many similar manifestations found in other volcanic
regions of the world. The hottest fumaroles at Solfatara reach temperatures of 140–160 ◦C. Previous
studies indicate that gas emissions are dominated by H2O, followed by CO2 and H2S [33]. In this area,
sampling was performed at two different sites (labeled as Phlegraean Fields (1) and Phlegraean Fields
(2)) along the direction of the inland Solfatara crater at a distance of about 1 km.

2.5. Vulcano

The volcanic island of Vulcano is the southernmost of the seven islands forming the Eolian
Archipelago in the Tyrrhenian Sea north of Sicily (500 m a.s.l.; 38.4041◦ N, 14.9621◦ E). Since the last
eruption of Vulcano in 1888–1890, a vigorous fumarole field has been developed in the summit crater,
known as La Fossa. Numerous geochemical investigations have focused on Vulcano, especially since
increases in gas fluxes and temperatures were observed in the 1970s. Similarly to the Solfatara site,
Vulcano does not have magma on the surface but its fumaroles reach high temperatures, well over 300 ◦C
at some vents. In Vulcano, we sampled at two sites labeled as Vulcano (1) and Vulcano (2) (Figure 1).

2.6. Ischia

Ischia (40.7352◦ N, 13.8517◦ E) is the westernmost active volcanic complex of the Campania area
and belongs to the Phlegraean volcanic district, which also includes Phlegraean Fields (Figure 1).
In Ischia, the last eruption took place in 1301, and since that time, several earthquakes affected the
island. Thermal manifestations characterize Ischia including thermal waters and fumaroles, which
have been well known since Roman times and are the main economic resource of the island at present.
The fumarolic activity is mainly concentrated along the faults affecting Mt. Epomeo (789 m a.s.l.), a
resurgent block in the central part of the island. In this area, we performed aerosol sampling in a site
labeled Ischia (Figure 1).
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2.7. Panarea

Panarea Island (Eolian Archipelago) lies in the western sector of a submarine 120 m deep platform
constituting the 56 km2 wide summit of a 2000 m high seamount (38.6369◦ N, 15.1026◦ E) (Figure 1).
Close to Panarea, a group of islets (Dattilo, Panarelli, Lisca Bianca, Bottaro, Lisca Nera, and Le Formiche)
forms an archipelago that surrounds a submerged fumarolic area, which is characterized by relatively
shallow depth (<35 m), hosting gas, and thermal water discharges. Geochemical studies of fluids from
the submarine fumarolic field of this area started in the early 1990s [34], and were then fostered by
the gas burst event that occurred on 3 November 2002 [35]. One sampling site, labeled Panarea, was
selected offshore as a monitoring point.

3. Experiments

3.1. Sampling and Laboratory Analysis

The aerosol sampling equipment was fixed on the deck at about 30 m above the sea level on the
front of the ship to avoid contamination from the ship exhaust. Daily 24-h ambient PM10 and PM2.5

samples were collected on quartz fiber filters of 47 mm in diameter (2500 QAT-UP, Pallflex®, Putnam,
CT, USA) using a low volume sampler Echo PM (, TCR Tecora, Cogliate, Italy) operating at a flow of
2.3 m3 h−1. In accordance with the European Standard UNI EN 12341:2014, filters were conditioned
for 48 h before and after sampling, at a temperature and relative humidity of 20 ± 1 ◦C and 50 ± 5%,
respectively. The conditioned filters were weighed using a microbalance Crystal Micro (Gibertini,
Novate, Italy) in order to determine the mass of both the PM fractions by standard gravimetric
procedures, whereupon the filters were analyzed for the determination of the chemical composition.
The analysis of the carbonaceous fraction of aerosol (TC = OC + EC) was performed on a 1 cm2 portion
of each filter by a thermal-optical transmission (TOT) technique using an OC/EC Analyzer (Sunset
Laboratory Company, Tigard, OR, USA) and following the EUSAAR-II temperature protocol [36].
Briefly, the small punch of the filter was subjected to two stepwise heating cycles, which favored
the volatilization and combustion processes of the carbonaceous material. The evolved carbon was
converted to methane and subsequently detected by a flame ionization detector (FID) during both
temperature cycles, which occurred in a non-oxidizing and oxidizing atmosphere, respectively. Laser
light of 670 nm continuously monitored the transmittance through the sample filter in order to correct
for pyrolyzed OC conversion to EC.

Chemical characterization of PM samples was performed by Inductively Coupled Plasma Atomic
Emission Spectrometry (iCAP 6500, Thermo Scientific) for major elements (Al, Ca, Na, Mg, K, Fe, P, S)
and Inductively Coupled Plasma Mass Spectrometry (iCAP-RQ, Thermo Scientific) for trace elements
(Li, Ti, V, Cr, Mn, Co, Ni, Cu, Zn, As, Se, Rb, Sr, Cd, Sn, Sb, Ba, La, Ce, Hf, Pb, Bi, Th, U). Half of
each filter was acid digested with a mixture of HF:HNO3:HClO4 (2.5:1.25:1.25 mL) in a Teflon reactor
for 9 h at a temperature of 90 ◦C. Each digested sample was driven to dryness, re-dissolved with
1.25 mL HNO3, and made up to a final volume of 25 mL with ultrapure water [37]. Relative analytical
errors were estimated using a small amount (15 mg) of the NIST-1633b (fly ash) reference material
loaded on a 1

4 quartz fiber filter. Individual uncertainties were calculated taking into account the
analytical uncertainty and the standard deviations of the element concentrations in the blank filters [38].
Since the portions of the PM2.5 filters for the sites Acireale, Panarea, and Vulcano (2) were contaminated
during the storage, we discarded these samples before the chemical analysis for major and trace
elements. For the quantification of ammonium by ion-selective electrode (Orion 9512HPBNWP of
Thermo Scientific) and soluble ions, such as sulfate, nitrite, nitrate, fluoride, bromide, chloride, and
phosphate, by ion chromatography (Aquion, Thermo Scientific), the leftover filter was water leached in
20 mL sealed PVC bottles (for 14 h at 60 ◦C), preceded by an ultrasonic bath of 15 min. Sulfur dioxide
(SO2) measurements were performed using a Teledyne UV Fluorescence SO2 Analyzer (API Model
100EU) with a sampling flow rate of 0.6 L min−1 and a time resolution of 1 min. A particle sampling
cassette system (SKC, inlet diameter 1/8 inch), which housed transmission electron microscope (TEM)
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grids attached to filter support pads (25 mm in diameter), was used to collect particles for offline
characterization following a similar procedure described elsewhere [39,40]. The system utilized an
SKC Leland pump that was operated at a flow of 5 L min−1 for a duration of 4 h. The grids (Agar
Scientific Quantifoil 200 Mesh Au) were analyzed offline for morphological and physicochemical
particle characterization using a Field Emission Scanning Electron Microscope (JEDL J-7100) coupled
with an energy-dispersive X-ray spectroscopy (EDS; retroscattered electron detector) spectrometer.

3.2. Chemical Mass Closure

For the purpose of mass closure, the chemical components were grouped as sea salt (ss), mineral
dust, organic matter and elemental carbon (OM + EC), secondary inorganic aerosols (SIA), and trace
elements. Each of these components can originate from a variety of sources, some of which play a
significant role in their production.

As regards to the sea salt component, six major ions represent more than 99% of the mass of salts
dissolved in seawater: four cations, i.e., sodium (ss-Na+), magnesium (ss-Mg2+), calcium (ss-Ca2+), and
potassium (ss-K+), and two anions, chloride (ss-Cl−) and sulfate (ss-SO4

2−). Thus, sea salt concentration
was calculated from Equation (1) [41].

[Sea salt] = [ss-Na+] + [ss-Cl−] + [ss-Mg2+] + [ss-K+] + [ss-Ca2+] + [ss-SO4
2−] (1)

To calculate the sea salt sodium [ss-Na+], the value of non-sea salt sodium (nss-Na) was subtracted
from the total Na value ([ss-Na+] = [Na] − [nss-Na]) resulting from the chemical analysis. The [nss-Na]
value was obtained from the Al concentration multiplied by the Na/Al ratio in the average crustal
composition [42]. Based on the seawater composition, the sea salt sulfate [ss−SO4

2−] is calculated as
0.2509 times [ss-Na+], sea salt calcium [ss-Ca2+] calculated as 0.038 times [ss-Na+], sea salt potassium
[ss-K+] as 0.037 times [ss-Na+], and sea salt magnesium [ss-Mg2+] calculated as 0.1187 times [ss-Na+].
For [ss-Cl−], although the unavoidable reaction of NaCl particles with the atmospheric traces of acidic
species including H2SO4 and HNO3 can lead to the volatilization of Cl− as HCl [37]; thus, determining
the underestimation of SS component, it can be reasonably assumed that [ss-Cl−] is approximately
equal to the total [Cl-] in a marine environment. As a consequence, the [Cl-] was used in the estimation
of [sea salt].

Mineral dust is generated from the suspension of the minerals constituting the soil and can be
expressed as the sum of the most common oxide forms [37]. In our study, dust content was estimated
using Equation (2) as the sum of the concentrations of Al, Ca, Mg, K, Fe, P, and Ti, each multiplied by
factors to convert them to their common oxides and SiO2, calculated multiplying [Al2O3] by 2.5.

[Dust] = [Al2O3] + [CaO] + [MgO] + [K2O] + [Fe2O3] + [P2O5] + [TiO2] + [SiO2] (2)

EC was obtained from thermal-optical analysis (as described in Section 3.1), while the OM
contribution, which accounts for the unmeasured H, O, N, and S in organic compounds, was calculated
according to Equation (3), which considers also the influence of the water-soluble organic carbon
(WSOC) on the mass, that for non-urban aerosol is about 40% of the OC mass.

OM = f × OC (3)

In this equation, OC was experimentally determined by thermal-optical analysis while the f
multiplier is a coefficient that is not site- or time-specific. Depending on the extent of OM oxidation
and secondary organic aerosol (SOA) formation, values for f vary from 1.2 for fresh aerosol in urban
areas [43] to 2.6 for aged aerosol [44–46]. The conversion factor f is usually taken in the range from
1.4 for urban aerosols to 1.8 for remote aerosols. Turpin et al. revisited these conversion factors and
proposed values of 1.6 ± 0.2 and 2.1 ± 0.2 for urban and non-urban aerosols, respectively [46]. Based
on the previous consideration, the f value was set at 2.1 for the calculations in our work.
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The secondary inorganic aerosol was calculated as the sum of non-sea-salt [SO4
2−], [NO3

−], and
[NH4

+]. Sulfate, in turn, is made by a component in both sea salt and non-sea-salt SO4
2− (ss-SO4

2− and
nss-SO4

2−) derived from the atmosphere. With our investigation being in the marine environment, the
non-sea-salt sulfate was calculated as [nss-SO4

2−] = [SO4
2−] − 0.25094 [Na+], based on [SO4

2−]/[Na+]
molar ratio in seawater [37,47,48].

The last contribution to the PM mass closure, which derives from trace elements, was obtained as
the sum of the trace element concentrations. The sum of all the above determinations accounted for 81.9%
and 83.0% of the PM10 and PM2.5 average mass, respectively. The remaining undetermined mass can
be attributed to the structural and adsorbed water that is not removed during the sample conditioning.

3.3. Data Analysis and Receptor Modeling

In order to characterize the daily atmospheric scenarios influencing PM levels, we used several
complementary tools to interpret the different sources of air masses in the studied area. We calculated
air mass backward trajectories using the US NOAA HYSPLIT model [49] with GDAS meteorological
data. The occurrence of African dust outbreaks was also confirmed by the same tools coupled with
the information of the NAAPS aerosol maps from the Naval Research Laboratory, USA (NRL) (Navy
Aerosol Analysis and Prediction System) and the BSC-DREAM dust maps [50]. Enrichment factors
(EFs) and factor analysis (FA) were used for source identification and apportionment of particulate
air pollutants at receptor sites, whereas linear discriminant analysis (LDA) was exploited to perform
supervised pattern recognition analysis using the chemical descriptors of PM samples according to
their volcanic (Vo) or solfatara (So) origin.

The calculation of EFs is useful to rank the enrichment degree of an element compared to a known
source; in this case, the Al concentration was considered as the basis for comparison. EF is defined as
the ratio between the concentration of an element i (Ei

sample) and that of a reference element (Alsample) in
the sample, normalized to the same ratio in the Earth’s crust [42]. Specifically, for each element i, the
EFi was calculated according to Equation (4).

EFi =
Ei

sample/Alsample

Ei
volc/Alvolc

(4)

where volc refers to the volcanic rocks (basalt and lava in this case), which were considered as the
geogenic source. In our study, the EFi in Etna and Stromboli plumes was calculated using the aluminum
as normalizing element, while the average Etnean lava [23] and the Stromboli basalt [51] were used,
respectively, as reference material.

Factor analysis (FA) is widely used to determine the number of independent sources that contribute
to the system and elemental source profiles. The association of the factors with the source type is
possible by comparing the elements with the highest loading within each component with the elements
commonly emitted by recognized source types. In our work, the whole dataset was subjected to
factor analysis using the software Statistica (StatSoft,) and Varimax rotation was applied to assure the
maximum differentiation between the factors. The number of potential factors was limited to eight,
but only six factors were obtained.

Linear discriminant analysis (LDA) is a chemometric tool that defines a set of delimiters that
divide the multivariate space of the samples into as many subspaces as the number of the classes.
Discriminant functions are computed as a linear combination of variables that maximizes the ratio of
variance between categories to variance within categories. An essential restriction in the application of
LDA concerns the ratio between the number of samples and the number of variables. Indeed, it is
recommended that the number of samples is at least three times the number of variables to obtain
a robust model. Therefore, in our study, a stepwise approach (S-LDA) was used for the selection of
the variables with a major discriminant power. The S-LDA was used to differentiate between the PM
samples collected in the volcanic (Vo) and solfatara (So) sites on the basis of their chemical composition.
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The dataset was slightly different from that used for FA because, for LDA, the variables that can be
associated exclusively with an anthropogenic origin (Mo, EC, and OC) were not included in the dataset.
Furthermore, the Acireale sample was excluded because it was affected by the Saharan Dust Outbreak
(SDO), as pointed out from chemical characterization (see Section 4.2). Partial Wilks’ λ values were
used to figure out the variables that actually contributed to differentiation, i.e., the closer to zero its
value is, the higher is the discriminatory importance of this variable in the model.

4. Results and Discussions

4.1. Meteorological Conditions

The trends of temperature, pressure, and wind speed recorded during the cruise by the on-board
instrumentation are illustrated in Figure S1. During all the sampling days, the absence of precipitations,
low wind intensity (with the maximum speed being 13.5 m s−1), and a mean atmospheric temperature
of 26.1 ◦C characterized the local weather. Information on wind direction and intensity are reported
for each sampling site by the wind rose diagrams (Figure S2). Based on the average daily wind speed
values and the Beaufort wind scale, we encountered light breeze for eight sampling days and gentle
breeze for four sampling days. The atmospheric pressure exhibited the lowest average values and
the largest variability between 1 September and 4 September 2017, with a minimum on 2 September,
associated with episodes of strong wind and rough sea that forced us to stop in the Harbor of Lipari
Island to shelter from the bad weather. The NCEP/NCAR Reanalysis [52] tool shows the composite
means and anomalies of the sea level pressure over the Mediterranean basin during the campaign,
supporting the worsening of the weather (Figure S3). Indeed, while in August the expansion of the
Azores Anticyclone characterized the synoptic conditions in line with seasonal climatology in the
Mediterranean, on 2 September the anticyclonic system was confined over the Atlantic Ocean and
North of Europe, thus favoring the development of low-pressure systems across Eastern Europe and
the Mediterranean basin.

4.2. Percentage Chemical Composition of PM

The mass concentration values for PM10 and PM2.5 recorded during the campaign ranged between
12.3 and 30.7 μg m−3 and 9.4 and 18.3 μg m−3, respectively (Figure 2). The PM10 concentration in each
site was lower than the daily limit value of 50 μg m-3, as set by the Directive 2015/1480/EC on ambient
air quality. It is known that natural episodes, although they occur less frequently than anthropic
ones, can influence air quality especially in the surroundings of marine areas and zones with tectonic
activity [2]. The percentage chemical composition of the PM samples collected during the cruise is
summed up in Table S1 and illustrated in Figure 2.

For the PM10, the main components were carbonaceous (OM + EC) and mineral dust aerosols,
with average contributions of 27.2% and 26.6%, respectively. The dust load reached a peak of 44.7%
at Acireale, owing to a North African dust outbreak as confirmed by NAAPS, BSC-DREAM, and
backward trajectories maps presented in Figure S4. The carbonaceous fraction was above the 20% for
the whole campaign with the maximum amount of 38.3%, which was found in Phlegraean Fields (1)
and may be due to the interception of air masses moving from the urbanized coast near the sampling
area, which is characterized by high vehicular traffic. This assumption is supported by the levels
of EC (0.95 μg m−3) and OC (3.64 μg m−3), which were found at their highest concentrations at this
stop. The SIA component had an average mass contribution to PM10 of 19.9% with a maximum of
26.3% at Stromboli (2). Trace elements and sea salt contributed marginally to the mass, with tracers
that accounted for less than 1% and sea salt for about 10%. We detected the maximum value of
trace elements in the Ischia sample, where it represented 1.6% of PM10 mass. The relatively low
contribution of sea salt compared to what can be expected in a marine atmosphere may be attributed
to the stable weather encountered for most of the campaign, except for rough sea and strong blowing
wind arose at Vulcano (2), where we recorded a higher percentage of the sea salt component (23.7%).

12



Atmosphere 2020, 11, 149

Indeed, the occurrence of substantial sea spray production needs wind with an intensity and duration
strong enough to allow its formation [53]. For PM2.5, the component prevailing on average was the
carbonaceous aerosols (35.3%), which reached the maximum value in the Phlegraean Fields (1) (56.2%),
thus reinforcing the preceding hypothesis involving the vehicular traffic contribution in this area.
For SIA, the average loading reached 24.7%, thereby showing that its components (i.e., SO4

2−, NH4
+,

and NO3
-) prevailed in the PM2.5 [37,54]. In both fractions, the maximum value of SIA was obtained in

the sample Stromboli (2), where the upwind sampling (wind roses presented in Figure S2) led to a
better interception of volcanic emissions characterized by high SO2 values, which affected the increase
of SO4

2− concentration because of its reaction with the atmospheric water and the condensation on
particles. In support of this, as showed in the time series plots of SO2 (Figure S5), we recorded a peak
of SO2 at this site, which lasted for about 5 h during that sampling day. As expected, the average
mineral dust contribution was smaller in PM2.5 than in PM10 (17.6% and 25.6%, respectively), with the
highest value reached in Acireale because of the SDO (Figure S4). Average sea salt contribution to
PM2.5 was 4.3%, with the maximum value in Marsili (10.7%), while the trace elements were averagely
higher in PM2.5 (1.2%) than PM10 (0.9%), with the maximum values recorded in Phlegraean Fields (1)
and Phlegraean Fields (2) (1.4% and 1.6%, respectively).

 

Figure 2. Chemical composition (as a percentage) and mass concentration of particles (expressed in μg
m−3) of the PM10 and PM2.5 samples.

4.3. Volcanic Areas

There are several studies reporting the relevance of volcanic emissions as sources of metal-bearing
gases and PM into the atmosphere [51,54–57]. A previous study revealed that volcanogenic trace
metals are injected in the atmosphere as volatile elements, emitted from the silicate melt during magma
degassing, and later dispersed in atmospheric plumes as sub-micron sized volcanic aerosols and
low volatile (refractory or lithophile) elements, transported via coarse volcanic ash fragments [23].
The volcanic area monitored during the campaign, as previously discussed, included Etna and
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Stromboli, which are sub-aerial volcanoes with a significant part of their structure under the sea, while
the Marsili Seamount is submerged and its activity is still open to debate. In this regard, at the Marsili
site, we observed low values for each component constitutive of PM, except for sea salt in PM2.5, which
reached the highest percentage in this site (10.7%) due to the low contributions of the other pollution
sources because the sampling site was over 100 km from inland.

In our study, we used Al, Ca, and Fe, as tracers of crustal emissions to find out the volcanic-derived
contribution to PM by comparing their average concentrations in the samples with the literature
reference data. In particular, for information about the chemical composition of Etna’s and Stromboli’s
lava and ash, we referred to the work of Calabrese et al. [23] and Allard et al. [51], respectively, while
for the data on the chemical composition of Sahara and Sahel dust, we used the values provided by
Moreno et al. [58]. The relative proportions of Al/Ca/Fe measured at Acireale and Acicastello are
similar to the typical Etna’s values in both ash and lava, confirming that samples, though collected at a
considerable distance from the source (almost 40 km), are affected by the volcanic plume that spreads
throughout the area (Figure 3a). The value of Acireale shown in Figure 3a is shifted toward the values
of Sahara and Sahel, thus confirming the intrusion of air masses coming from the African desert region
during the sampling. The ternary plot for the samples collected around Stromboli shows a similar
composition with the reference values of magma reported in the literature [51]. In particular, the
samples identified as Stromboli (2) and Stromboli (3) have a greater similitude with the composition of
the basaltic lava, whereas the composition for the sample Stromboli (1) is closer to that of the volcanic
ash (Figure 3b).

Figure 3. Ternary plot for Etna’s sampling area (a) and Stromboli’s sampling area (b).

14



Atmosphere 2020, 11, 149

Besides, the load of the volcanic plume aerosol in the sampled PM was investigated through the
calculation of the enrichment factors, which is a useful tool to highlight the enrichment or depletion
degree of an element in a geochemical medium relative to reference material. Although the use of
EFs could hide some flaws, such as the variable composition of the reference material, or inadequate
choice of the element used to normalize the data [59], it provides a first-order insight on the geogenic
or anthropogenic origin of the elements. Based on the results of the ternary plot, we calculated the EFs
for Acicastello and Stromboli (3), which are the samples identified as those with the greatest volcanic
contribution. EFs were computed according to Equation (4) using Al as a reference element because it is
a low volatile element at magmatic conditions, and also one of the most immobile elements during the
weathering of basalts [60]. Values of EF close to one indicate that there is no enrichment occurring for
an element in sampled PM compared to the expected abundance in volcanic basalt. EFs far exceeding
one characterize volatile elements enriched in the plume because of their affinity for the magmatic
vapor phase or might indicate an anthropogenic origin. Despite some peculiarities, the EFs for the
samples Stromboli (3) and Acicastello are overall consistent. The EFs illustrated in Figure S6 suggest
that, for both volcanoes, the elements can be grouped into four categories according to the EF values.
The strongly enriched elements in PM (EFs > 100) were those with a marked volcanic-volatile character
or anthropogenic origin species (i.e., Sn, Sb, Cr, Se). The enriched elements such as Ni, Zn, U, As, Pb,
and Tl were those with EFs ranging from 10 to 100, while the elements with EF ≈ 1–10 such as Cu, K,
Ba, Rb, and some rare earth elements including Th, Sm, Ce, and La were associated with a geogenic
origin. The elements with EFs < 1, such as Co, Ti, Mg, and Sr, can be considered depleted elements
compared to geogenic elements and indicate a local geological reduction relative to volcanic rocks.
The volatile-anthropogenic species, including Sb, Cr, and Sn, were enriched by two to three orders of
magnitude in the PM of both volcanic sites. Furthermore, another enriched element was Ni which
may be related to anthropogenic sources and is commonly associated, together with V, to shipping
emissions. Among the enriched elements, the presence of Tl only in the Etna sample pointed out the
volcanic contribution to PM [23].

4.4. Fumarole Areas

Sulfur dioxide is a valuable tracer of degassing processes by geothermal sources such as fumaroles
and volcanoes. In this work, we averaged on a daily basis the 1 min recorded data obtained from the
SO2 analyzer (Figure S5) in order to allow a direct comparison with the nss-SO4

2− concentration values,
as obtained from the analysis of the 24 h PM samples. As a result, we found a strong correlation in both
PM fractions between the nss-SO4

2− levels in the fumarole area with the corresponding average daily
levels of SO2 concentration, thus supporting the hypothesis that local SO2 emissions are important
for the formation of nss-SO4

2− as reported in Section 4.2 about the SIA. In particular, Figures S7a and
S5b illustrate the correlation between the concentrations of SO2 and nss-SO4

2− for each site in both
fractions, with R2 = 0.76 for PM10 and R2 = 0.74 for PM2.5. This correlation is further improved by
neglecting the Vulcano (2) sample (Figure S7c,d), thus achieving R2 = 0.95 and R2 = 0.92 for PM2.5

and PM10, respectively. The observed increase in correlation may be due to the different atmospheric
conditions that occurred during the sampling in Vulcano (2) when the rough sea and wind gusting may
have affected the nss-SO4

2− by favoring trapping of SO2 with NaCl reactions. This result is confirmed
by the concentration of nss-SO4

2− and SO2 reported in Figure 4, showing the larger gap between these
two chemical species in Vulcano (2) compared to Vulcano (1).
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Figure 4. Concentration of sulfur dioxide and sulfate ions (expressed as μg m−3) in the fumarolic area.
The histogram bars represent SO2 average daily concentrations whereas solid line represents nss-SO4

2−
collected in particulate matter (PM) samples.

As concerns Panarea, although it is a submarine fumarole source, a noteworthy value of both
SO2 and nss-SO4

2− was detected, confirming the interception of fumarole degassing process. On the
contrary, the analysis of trace metals did not present a significant contribution in PM of the elements
typically emitted by natural sources, since they possibly dissolved in the path from the emission site
and the seawater surface.

4.5. Factor Analysis and Source Identification

We used factor analysis, a tool for source identification and apportionment of particulate air
pollutants, to characterize the different sources of aerosols during the campaign. We subjected the
dataset to Varimax-rotated factor analysis identifying six factors with Eigenvalues greater than one
(Table 1). The six factors together explain 96.9% of the total variance of our dataset.
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Table 1. Varimax-rotated factor loadings for the whole dataset of the Med-Oceanor 2017 campaign.
Loadings greater than 0.5 are shown in bold.

Variable Factor1 Factor2 Factor3 Factor4 Factor5 Factor6

PMx 0.5 0.5 0.3 0.2 0.6 −0.3
OC 0.8 0.2 0.1 0.2 0.4 0.2
EC 0.9 0.2 0.2 −0.1 0.0 −0.1

NH4
+ −0.1 −0.1 −0.5 0.2 0.8 0.0

Al 0.0 0.9 0.0 0.2 0.2 −0.4
Fe 0.4 0.8 0.3 0.1 0.2 −0.1
Na 0.1 0.2 0.9 −0.2 −0.2 0.0
Cl −0.1 0.2 0.7 −0.1 −0.2 −0.6
Ca 0.2 0.2 0.0 0.9 0.1 0.0
Mg 0.1 0.6 0.7 0.0 0.1 −0.2
P 0.0 0.2 −0.1 1.0 0.1 0.1

nss-SO4
2− 0.1 0.3 −0.1 0.1 0.9 −0.2

NO3
- 0.3 0.0 0.9 -0.1 −0.3 0.0

V 0.4 0.2 −0.4 -0.2 0.7 0.0
Cr 0.1 0.8 0.5 -0.1 0.0 0.2
Mn 0.7 0.6 −0.2 0.2 0.0 0.2
Zn 0.1 −0.1 −0.2 1.0 0.0 0.1
As 0.8 −0.3 0.2 0.2 0.2 0.1
Sb 1.0 0.1 0.1 0.0 0.0 0.1

REEs 0.7 −0.1 0.0 0.0 −0.1 0.6
Pb 0.9 0.3 0.0 0.1 0.0 0.3
Zr 0.3 −0.1 −0.2 0.2 −0.3 0.9

Eigenvalues 5.7 3.8 3.7 3.1 2.8 2.1
%Var 25.9 17.5 17.0 14.3 12.8 9.4

%Cum 25.9 43.4 60.4 74.7 87.5 96.9

• Factor 1: Anthropogenic (pollution). It can be referred to as anthropogenic sources because it has
high loadings for carbonaceous material (EC, OC), As, Sb, and Pb. This result found a match with
intensive vehicular traffic observed during the sampling at the Phlegraean Fields area and is in
accordance with the findings reported in Section 4.2.

• Factor 2: Mineral (e.g., soil, African dust, etc.). This factor is characterized by high loadings for
Al, Fe, Mg, Cr, and Mn, and can be associated at the first geogenic source (mineral sources) since
these elements are common in the crust, basalt of volcanoes, and also in African dust.

• Factor 3: Aged sea salt (marine aerosol). NO3
− was added in the FA to describe that this is aged

and not fresh sea salt [37,61], indicating that the sampling was not biased by the source of sea
spray (limited freshly emitted sea salt particles).

• Factor 4: Factor with unsure attribution. Due to the presence of Zn, it may be attributed to the
fumarolic sources [62,63].

• Factor 5: Shipping emissions. This factor can be attributed to the shipping emissions because it
has high loadings of PMx, nss-SO4

2−, NH4
+ and V. The vanadium indeed is used as a tracer of

shipping emission [64].
• Factor 6: Rare earth elements. The sixth factor represents a second potential geogenic source

characterized by high loadings of Zr and REEs coming from volcanic ash. Anti-correlated with Cl.

4.6. SEM/EDX Analysis

SEM/EDX analysis is utilized as a complementary tool for the quantitative chemical analysis (ICP).
The elemental characteristics of aerosols are apportioned based on the respective sources. SEM/EDX
confirms that particles with the specified compositions were present in the sampling area and their
morphology is defined. Aerosols with a composition common for volcanic particles (e.g., SiO2, Mg, and
Fe) have been observed, indicating that they may have originated from the volcanic plume (Figure 5a,d).
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The anthropogenic factor has influenced the sampling (Figure 5f,j) and consequently the experimental
results both in terms of chemical and microscopy analysis interpretation (i.e., factor and SEM analysis).
In agreement with FA, aged sea salt (g) and several minerals were also observed.

 

Figure 5. Representative particles sampled from different areas: (a,b) Acicastello, (c,d) Acireale, (e–g)
Marsili, (h–k), Phlegraean Fields (1), (l) Stromboli (1).

4.7. Stepwise Linear Discriminant (S-LDA) Analysis

To seek which variables best discriminate among samples coming from volcanoes (Vo) and
solfatara (So), we performed stepwise linear discriminant analysis (S-LDA). The forward S-LDA (F to
enter = 5.00 and F to remove = 4.00) retained six elements, namely Zr, As, Hf, Bi, Ca, and Zn, that
allowed the construction of a model with satisfactory statistical parameters (Wilks’ λ = 0.09560; F (6, 13)
= 20.497; p < 0.00001). The low Wilks’ λ values suggest that the model is highly discriminating, while
the low p-level value shows that the classification, which resulted correct for all the samples, occurred
with high reliability. Based on the partial Wilks’ λ, Zn (0.38) is the independent variable that contributes
most to the discrimination, followed by Ca (0.50). The scatterplot of canonical scores (Figure S8) on the
discriminant function shows the separation between the groups of the volcanic samples (Vo), with
negative root values ranging from −4.38 to −1.56 and the solfatara samples (So) with positive root
values in the range between 1.39 and 4.69. We found the predominant presence of Zn in solfatara
samples, in accordance to Dekov et al. [32], which detected this element in the aerosol of sulfur-rich sites
such as Panarea or other fumarole areas because of its presence as sphalerite (ZnS). On the contrary, the
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elements Hf and Zr contribute most to characterize volcanic samples. The presence of Hf and Zr agrees
with the study of metal emissions from the Stromboli volcano by Allard et al. [51]. Indeed, Hf is one of
the elements degassed from magmas as halides, sulfates, sulfides, and/or metals, and is typically found
in the aerosol phase of the airborne plume, while the presence of Zr in volcanic samples can be due to
its transport through volcanic ash, supporting the evidence previously obtained from factor analysis.

5. Conclusions

In this study, we investigated the impact of volcanic and fumarole sources on PM level and its
chemical characteristics in the central Mediterranean Sea. Aerosol samples in marine atmosphere
were collected during the research cruise campaign Med-Oceanor 2017 off the coast of the main active
volcanic and fumarolic areas in the Mediterranean Sea, which included Mount Etna, the Eolian volcanic
arc, Marsili Seamount, and the Phlegraean Fields. The mass concentration of collected PM10 resulted,
for each site, lower than the daily limit set by the European legislation. The PM10 and PM2.5 samples
were characterized by quantification of major and trace elements, ionic species, as well as elemental and
organic carbon content. These chemical data were illustrated by descriptive statistics, histograms, and
then analyzed by the computation of mass closure, enrichment factors, factor analysis, and correlation
analysis with the support of the daily SO2 values. The PM10 mainly consisted of carbonaceous material
and dust, which together made up over 50% of the mass, while carbonaceous fraction and SIA, which
reached 60% of the mass, prevalently composed the PM2.5. The trace element was the less abundant
contributor with an average amount of about 1% in both PM fractions. From the EFs, we found that the
particulate from the volcanic areas resulted enriched by Tl, Cu, La, Se, As, and alkali metals, whereas
the chemical characterization of PM in fumarole areas showed a good correlation between the sulfur
dioxide gas, emitted from fumaroles and sulfate ion, coming from the SO2 reaction with water and
condensation on particles. FA allowed for the identification of six potential sources that contribute
to the PM composition, some of which have a natural origin such as volcanic, marine, and geogenic
emissions, while other sources are anthropogenic, such as combustion processes, vehicular traffic,
and shipping emissions. The SEM/EDX analysis on the sampled PM confirmed the influence of these
sources identified with the FA. Stepwise linear discriminant analysis (S-LDA), which was used to seek
for a model capable to discriminate between the sample of volcanic and fumarolic origin, pointed
out the elements that discriminate the most between these two classes, namely Hf and Zr for volcano
samples and Zn and Ca for solfatara samples.

Further investigation on this topic could be addressed in future research for a more thorough
assessment of the impact of the volcanic and fumarolic emission on the air quality of the Mediterranean
Sea. In this regard, the use of a high-volume sampler would allow sampling the PM with sufficient
sensitivity even with a few hours of collection, thus improving the temporal profile of the impact.
Similarly, further advancement of the study would be given by the use of cascade impactors, whose
data could provide new insight to strengthen the characterization of the marine atmosphere in the
neighborhood of volcanoes and fumaroles.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4433/11/2/149/s1,
Figure S1: Hourly mean meteorological data; Temperature and Pressure (up) and wind speed (down), Figure
S2: Wind roses for sampling points, Figure S3: NCEP/NCAR reanalysis maps (mean and anomaly) of the period
from the start of the campaign to 31 August (up) and 2 September (down), Figure S4: Acireale maps NAAPS, air
mass back trajectory and BSC-Dream, Figure S5: Time series plot of SO2 for each of the sampling sites; Y-axis:
concentration (ppb), X-axis: sampling time (hours), Figure S6: Enrichment Factors for Etna (Acicastello sample)
and Stromboli (Stromboli (3) sample). Dashed lines highlight thresholds for EFs = 10 and EFs = 100, Figure
S7: Correlation between SO2 and nss-SO4

2− (as μg m−3) in PM10 and PM2.5. The plots (a) and (b) comprise all
the sampling points, whereas the Vulcano (2) sample is excluded in (c) and (d) plots the plots., Figure S8: LDA
scatterplot for aerosol samples collected in volcanic (Vo) or solfatara (So) sites, Table S1: Percentage chemical
composition of PM10 and PM2.5 in each sampling site.
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Abstract: Airborne polycyclic aromatic hydrocarbons (PAHs) are of great concern to human health
due to their potential high toxicity. Understanding the characteristics and sources of PAHs, as well as
the governing factors, is therefore critical. PAHs and refractory black carbon (rBC) are both from
combustion sources. This work, for the first time, investigated exclusively the rBC-bound PAH
properties by using a laser-only Aerodyne soot-particle aerosol mass spectrometer (SP-AMS). This
technique offers highly time-resolved PAH results that a traditional offline measurement is unable
to provide. We analyzed two datasets conducted in urban Shanghai during the fall of 2018 and in
suburban Nanjing during the winter of 2017, respectively. Results show that the average concentration
of PAHs in Nanjing was much higher than that in Shanghai. Nanjing PAHs contained more low
molecular weight components while Shanghai PAHs contained more high molecular weight ones.
PAHs in Shanghai presented two peaks in early morning and evening, while Nanjing PAHs had
only one significant morning peak, but remained high throughout the nighttime. A multi-linear
regression algorithm combined with positive matrix factorization (PMF) analyses on sources of PAHs
reveals that the industry emissions contributed the majority of PAHs in Nanjing (~80%), while traffic
emissions dominated PAHs in Shanghai (~70%). We further investigated the relationships between
PAHs with various factors. PAHs in both sites tended to positively correlate with primary pollutants,
including primary organic aerosol (OA) factors, and gaseous pollutants of CO, NO2 and SO2, but
negatively correlated with secondary OA factors and O3. This result highlights the enhancement of
rBC-bound PAHs level due to primary emissions and their oxidation loss upon atmospheric aging
reactions. High concentration of PAHs seemed to frequently appear under low temperature and high
relative humidity conditions, especially in Shanghai.

Keywords: Aerosol mass spectrometry; refractory black carbon; Source; Positive matrix factorization;
traffic emissions; industry emissions
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1. Introduction

Polycyclic aromatic hydrocarbons (PAHs) are a group of organic species that are ubiquitously
present in ambient air, derived mainly from anthropogenic sources, including incomplete combustion or
pyrolysis of fossil fuels (such as gasoline, diesel, and coal), solid waste, as well as biomass [1–6]. PAHs
themselves are known to possess high health hazards [7–10]. When emitted into the air, PAHs can be
further oxidized into other PAH derivatives (such as nitrated and oxygenated PAHs), which are likely
more toxic and carcinogenic and have longer atmospheric lifetimes than their parent PAHs [11–15].
Studies on concentrations, size distributions, sources, chemical transformations, as well as the spatial
distributions and temporal variations of airborne PAHs, are therefore essential.

As is well known, identification and quantification of PAHs are typically conducted by offline
analysis of filter extracts by using the gas chromatography mass spectrometry (GC-MS) technique [16,17],
which also has the advantage to differentiate PAH isomers with the same molecular weight (MW). Of
course, filter samples often require longer collection time, resulting in lower temporal resolution, which
sometimes limit detailed investigations on quick changes of PAH behaviors in ambient [18]. Sampling
artifacts are also difficult to eliminate during offline analysis. Online measurement techniques
are also developed in the past decades, including the photoelectric aerosol sensor (PAS) [17,19]
and Aerodyne aerosol mass spectrometry (AMS) [20]. AMS is an instrument that is designed to
determine the aerosol concentration, composition, and size distribution in real time with very fine time
resolution. Dzepina et al. [20] first proposed the method to determine PAHs via the quadruple-AMS,
and such method can be used by other versions of Aerodyne AMS, such as the high resolution-AMS
(HR-AMS) [21,22] and soot-particle AMS (SP-AMS) [23]. A number of studies have used this method to
quantify particulate PAHs, studied the chemical evolution of PAHs [16,24–26], as well as PAH emissions
from specific sources, including biomass burning [27] and vehicle emissions [28]. The AMS technique
offers unique highly time-resolved results on PAHs, whereas offline GC-MS measurement cannot.

Note the emission sources of PAHs are similar as those of refractory black carbon (rBC) or
soot, and PAHs are in fact intermediates during soot formation [29], and can be converted to soot
during combustion [28,30,31]. Different PAH compounds have different gas-to-particle partitioning
properties [32–34]. PAHs with relatively large numbers of benzene rings mainly exist in fine particles [35],
and those with smaller MWs may partition into gas phase [36]. In addition, some studies have shown
that the particle-bound PAHs can react with ozone (O3), and form a viscous layer to protect the
underlying PAHs from ozonolysis, so that prolongs their chemical lifetimes [37]. Therefore, the PAHs
co-emitted with rBC particles might evaporate or be oxidized into other species during their atmospheric
transport; PAHs that are emitted separately from rBC may coagulate or adsorb on rBC particles as
well. As an aerosol component, rBC also exerts adverse effects on human health [38], although not as
toxic as PAHs when inhaling the same amount. Studies of the rBC-bound PAH properties, and its
correlation with other factors, can advance our understanding on both rBC and PAH properties, as
well as the health co-benefits from rBC and PAH reductions.

The Aerodyne SP-AMS is the most advanced version of Aerodyne AMS, which uses an intra-cavity
infrared laser to measure rBC, and another thermal vaporizer to measure non-refractory materials [39].
If we remove the thermal vaporizer, the SP-AMS can exclusively measure rBC-containing particles only,
acquiring the concentration, size, and composition of both rBC cores and any species that coat on rBC
cores [40,41], including, of course, rBC-bound PAHs. In this study, we aim to use the SP-AMS technique
to elucidate the characteristics of the PAHs species associated with rBC particles in two representative
megacities in the Yangtze River Delta (YRD) region of China, investigate their concentrations, source
contributions, as well as their relationships with a series of factors, including different primary and
secondary particle-phase components, gas-phase pollutants, and meteorological parameters.
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2. Experiments

2.1. Sampling Sites and Instrumentation

In this study, we conducted SP-AMS measurements in two megacities (as shown in Figure 1).
The first study was performed during winter in suburban Nanjing (from 23 January to 24 February,
2017). The SP-AMS was deployed inside the campus of Nanjing University of Information Science
and Technology (NUIST). The site was mainly affected by nearby industrial emissions (petrochemical
plants, chemical plants, power plants, ironmaking, and steelmaking plants, etc.), residential activities,
and road traffic (Nanjing Jiangbei expressway), as marked in Figure 1. The dataset is denoted as NUIST
hereafter. The second campaign was performed in urban Shanghai from 31 October to 2 December,
2018. The sampling site was located inside the Shanghai Academy of Environmental Sciences (SAES).
It was surrounded by business buildings, and influenced mainly by dense residential and traffic
activities (Figure 1). The dataset is denoted as SAES hereafter. The two sites both locate in the densely
populated YRD region, but under different environments as indicated above. Therefore, comparison
of their results may provide useful insights into the ambient PAH properties emitted from different
sources. Of course, since we only have one SP-AMS, it should be noted that the results from two sites
were not for the same period, but both measurements were performed in seasons with relatively high
particular matter (PM) pollution.

Figure 1. Field measurement sites (Nanjing University of Information Science and Technology—NUIST;
Shanghai Academy of Environmental Sciences—SAES) and surrounding areas.

During these two campaigns, the laser-only mode of SP-AMS was operated to measure
rBC-containing particles only. More instrument details can be found in our previous work [41].
Concentrations of major gas pollutants (CO, NO2, SO2, and O3) and the meteorological parameters
(temperature, relative humidity, wind speed, and direction) were determined simultaneously in parallel
with aerosol measurements in both sites.

2.2. PAHs Quantification and Source Apportionment

The SP-AMS data were analyzed by using Igor Pro 6.37 (WaveMetrics, Oregon, USA) with the
SQUIRREL (version 1.59D) and PIKA (1.19D) data analysis toolkit (publicly available from: http://cires1.
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colorado.edu/jimenez-group/ToFAMSResources/ToFSoftware/index.html#Upgrade). The SP-AMS laser
can evaporate the rBC-containing particles, and all species are subjected to 70 eV electron impact (EI)
ionization [38], and we can obtain signals of ion fragments from these species. Most PAHs existing in
particle phase in ambient air have relatively high molecular weight (>200 g/mol). Based on possible
molecular formulas of PAHs and mass-to-charge (m/z) ratios of corresponding fragments, and the fact
that PAHs are very resistant to fragmentation (which means that the molecular ions represent most
signals of the corresponding parent PAH compounds), Dzepina et al. [20] proposed a well-validated
method to identify different PAH compounds and calculate the total PAHs mass concentration. Here,
the same methodology was adopted to determine the mass loadings of rBC-bound PAHs in Shanghai
and Nanjing. A relative ionization efficiency of 1.4 was used here for PAHs quantification, consistent
with previous studies [21,22,26].

Positive matrix factorization (PMF) [42] was employed to deconvolute the rBC-associated organic
aerosol (OA) species to a few factors indicative of specific sources or processes. It is a receptor-only
model, which requires no prior information about factor profiles or time series. Ulbrich et al. [43]
developed an evaluation software tool with a user-friendly interface, which allows us to conduct the
PMF analysis on AMS data. Zhang et al. [44] further provide standard procedures to evaluate PMF
solutions and choose the optimal one. For NUIST dataset, five OA factors were resolved, as detailed
in Wu et al. [45]. Note in Wu et al. [45], the PMF results were used to elucidate the relationship of
OA with hygroscopicity of rBC-containing particles, while characteristics of rBC-bound PAHs were
not discussed. For the SAES dataset, PMF analysis was conducted on the OA mass spectra including
ions with m/zs of 12 to 120. The OA mass spectral matrix was further pre-processed by removing
ions with low signal-to-noise ratio (SNR<0.2), down-weighting of ions with SNR of 0.2–2.0, and some
time points appearing to be outliers. PMF solutions with a different number of factors, varying f peak

values (rotations), and seeds (initial values) were also systematically explored, and finally a six-factor
solution was chosen to be the best solution. More details regarding the diagnostic and justification of
the PMF results of SAES dataset are presented in Cui et al. [46]; note that work focuses on the chemical
properties and aging process of rBC-containing particles, while current work aims to elucidate PAH
properties, and compare it with those in Nanjing.

After we obtained the time series of PMF factors, a multi-linear regression method was applied to
apportion the PAHs and rBC signals to different sources for NUIST and SAES datasets, respectively
(details in Section 3.2). Such method has been used in our previous work to quantify sources of
fullerene soot [47], and in some other studies for rBC [48]. Correlation analyses were also performed
on PAHs with other aerosol components, gaseous pollutants, as well as meteorological parameters.

3. Results and Discussion

3.1. Overview of PAHs Concentration and Distribution

Figure 2 presents the mass concentrations of rBC and rBC-bound PAHs, normalized mass spectrum
of PAHs, and mass contributions of different groups of PAHs. The rBC-bound PAHs concentration
in NUIST ranged from 5.4 to 301.9 ng/m3, with an average value of 46.0( ± 38.0) ng/m3 (mean ± one
standard deviation). This average PAHs level is lower than, but in a similar order as that measured by
offline GC-MS in the same location (64.3 ng/m3) during winter of 2014–2015 [49]. PAHs concentration
in SAES varied from 0.38 to 42.25 ng/m3, with a mean of 6.6( ± 6.9) ng/m3. This PAHs level is much
lower than that of NUIST, but is in the same order of previous reported values of 7.2 ng/m3 (suburban
area) and 6.5 ng/m3 (urban area) in Shanghai [50]. Considering that we only measured the portion
of PAHs bound with rBC, lower levels therefore could be anticipated. Overall, the results show that
PAHs pollution in suburban Nanjing, at least during winter, was more significant than that during fall
in Shanghai, likely due to enhanced emissions from nearby industry activities around NUIST; much
more heavy-duty diesel trucks around NUIST (no restrictions on those vehicles around this site) than
those around SAES might also add the rBC-bound PAH emissions.
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Figure 2. Time series of refractory black carbon (rBC) and rBC-bound polycyclic aromatic hydrocarbons
(PAHs) in Nanjing University of Information Science and Technology (NUIST) (a) and in Shanghai
Academy of Environmental Sciences (SAES) (c), and normalized average mass spectrum of PAHs in
NUIST (b) and in SAES (d) (PAH fragments are classified into three groups; pie charts show mass
contributions of the three groups of PAHs).

Correspondingly, average rBC concentrations in NUIST and SAES were 2.76 (±1.60) and 1.21
(±0.99) μg/m3, and the mean mass ratios of rBC-bound PAHs to rBC were 0.0167 and 0.0055, respectively.
Moderate correlations were found between time series of PAHs and rBC (0.53 of NUIST and 0.62 of
SAES), and there were periods with relatively high PAHs loadings, yet low rBC concentrations (for
example, 28 January, 2017 in NUIST), and vice versa (16–18 February, 2017 in NUIST) (Figure 2a). Both
results point to different source contributions to and/or influences of atmospheric processes on PAHs
and rBC. This is discussed in detail in the following sections.

Figure 2b,d display the normalized mass spectra of PAHs in NUIST and SAES, respectively.
The fragments were grouped into PAHs with 4 rings, 5-6 rings, and 7 rings. For NUIST, relatively
low MW 4-ring PAHs were dominant (53.8%), followed by 5-6 ring PAHs (32.9%), and 7-ring PAHs
(13.3%). In contrast, for SAES, mass contribution of 4-ring PAHs was much less (39.0%), while high
MW 7-ring ones became more important (24.6%), and contribution of 5-6 ring PAHs (36.4%) were
similar to that of NUIST. Since different groups of PAHs have different gas-to-particle partitioning
properties and vapor pressures, different distributions of PAHs in NUIST and SAES might lead to their
distinct atmospheric behaviors.

Figure 3 illustrates the diurnal variations of rBC, rBC-bound PAHs and mass ratios of PAHs to
rBC. For NUIST, both rBC and PAHs presented morning peaks (3.39 μg/m3 of rBC, and 68.76 ng/m3 of
PAHs) likely due to elevated traffic or industrial emissions. They had minimums (1.91 μg/m3 of rBC,
and 29.47 ng/m3 of PAHs) in the afternoon, probably owing to emission decrease and the dilution effect
by elevated planetary boundary layer (PBL) height, etc.; their concentrations rose continuously in the
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early evening and remained at a high level throughout the nighttime. PAHs/rBC ratios also showed
a morning peak and an afternoon minimum, reflecting the semi-volatile behavior of PAHs (high
evaporation loss due to high temperature in the afternoon) and possible loss due to photochemical
reactions of PAHs with atmospheric oxidants. For SAES, beside the morning peaks (1.56 μg/m3 of
rBC, and 10.23 ng/m3 of PAHs) and afternoon minimums (1.02 μg/m3 of rBC, and 4.96 ng/m3 of PAHs),
early evening peaks of rBC (1.35 μg/m3) and PAHs (11.86 ng/m3) were more apparent than those in
NUIST. Such differences between the two datasets may be attributed to diverse source contributions:
the NUIST site was affected significantly by industrial emissions, which were relatively stable, and the
early evening increases were probably owing to a decrease of PBL height. Meanwhile, the SEAS site
was predominantly governed by traffic emissions; therefore, in addition to the PBL influence, evening
rush hour traffic stood out and led to more obvious enhancements.

Figure 3. Diurnal patterns of rBC, rBC-bound PAHs, and the mass ratios of PAHs to rBC in NUIST (a)
and SAES (b).

3.2. Source Appointments of PAHs and rBC

To further elucidate the PAHs and rBC sources, we employed a multi-linear regression method
to apportion the signals of PAHs and rBC to different sources (i.e., different PMF factors). For
the NUIST dataset, five factors were resolved, including the traffic-related hydrocarbon-like OA
(HOA), industry-related OA (IOA), aged biomass burning OA (ABBOA), semi-volatile oxygenated
OA (SV-OOA), and low-volatility oxygenated OA (LV-OOA). Their mass spectral profiles and time
series are presented in Wu et al. [45], therefore are not shown here. For SAES dataset, we separated
six factors, including the enriched hydrocarbon-like OA (HOA-rich), rBC-enriched OA (rBC-rich),
biomass burning OA (BBOA), nitrogen-enriched OA (NOA), less oxidized oxygenated OA (LO-OOA),
and more oxidized oxygenated OA (MO-OOA). The high-resolution mass spectra and corresponding
time series of those factors are depicted in Figure 4. For NUIST dataset, HOA, IOA, and BBOA were
primary OA (POA) factors, SV-OOA and LV-OOA were secondary OA (SOA) factors; for the SAES
dataset, HOA-rich, rBC-rich, BBOA and NOA were four POA factors, LO-OOA and MO-OOA were
SOA factors.

Note that PAHs and rBC mostly originate from primary sources [1,38] rather than secondary
sources; thus, the regressions were only conducted on primary factors. Actually, if we added secondary
factors into the fitting, correlations between measured and re-constructed rBC and PAH concentrations
would all become weaker; therefore, exclusion of SOA factors was reasonable (SOA factors were, in
fact, negatively correlated with PAHs as shown in Section 3.3). Finally, we established the following
empirical formulas for PAHs and rBC for NUIST and SAES datasets, respectively.

rBCre-constructed, NUSIT

= 1.171 × [HOA] + 0.945 × [IOA] + 0.543 × [ABBOA] + 0.456
(1)

rBCre-constructed, SAES

= 1.453 × [rBC-rich] + 0.240 × [HOA-rich] + 0.833 × [NOA]
+ 0.243 × [BBOA] + 0.146

(2)
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where rBCre-constructed, NUSIT and rBCre-constructed, SAES (μg/m3) represent the re-constructed mass
concentrations of rBC in NUIST and SAES, respectively. Factors in braces were time series of
corresponding factors.

PAHsre-constructed, NUSIT

= 11.44 × [HOA] + 44.917 × [IOA] + 5.43 × [ABBOA] + 26.14
(3)

PAHsre-constructed, SAES

= 6.478 × [rBC-rich] + 1.474 × [HOA-rich] + 0.655 × [NOA]
+ 2.495 × [BBOA] + 1.314

(4)

where PAHsre-constructed, NUSIT and PAHsre-constructed, SAES (ng/m3) represent the reconstructed PAHs
concentrations in NUIST and SEAS, respectively. Meanings of braced factors were the same as those in
Equations (1) and (2).

Figure 4. High-resolution mass spectra of the positive matrix factorization (PMF)-resolved factor profiles
(classified by six different ion families; elemental ratios were calculated based on Canagaratna et al. [51])
(a), and their corresponding time series in SAES (b).

By using above formulas, re-constructed PAHs and rBC concentrations agreed fairly well with
corresponding measured data (all with p <0.01, Pearson’s r of 0.93 and 0.97 for rBC, Pearson’s r of
0.81 and 0.76 for PAHs of NUIST and SAES, respectively) (as shown in Figures 5 and 6), indicating
effectiveness of this method. We then used the regressed coefficients and mean concentrations of
factors to calculate their relative contributions to rBC and PAHs, as shown in the pie charts. Results
show that source contributions to total POA, rBC, and PAHs were remarkably different for NUIST and
SAES datasets. POA in NUIST was comprised of 42.0% IOA, 32.5% ABBOA, and 25.5% HOA; source
contributions to rBC was 45.5% IOA, 34.3% HOA, and 20.2% ABBOA; while PAHs appeared to be
overwhelmingly contributed by IOA (80.1%), followed by HOA (12.4%), and a minor contribution
from ABBOA (7.5%). POA in SEAS was composed of 21.6% rBC-rich OA, 25.5% HOA-rich, 30.1%
BBOA, and 12.4% NOA. Note rBC-rich OA was likely associated closely with traffic diesel combustion
(and possibly some ship emissions), HOA-rich factor was likely linked with traffic gasoline emissions,
and NOA was a local POA factor, possibly from industrial activities. Relative mass contribution to rBC
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was largest from the rBC-rich factor (54.5%), followed by 17.9% NOA, 14.9% HOA-rich, and 12.7%
BBOA. For PAHs, direct traffic-related OA contributions were still dominant (50.8% rBC-rich OA and
19.1% HOA-rich); BBOA contribution was a bit more (27.1%) than its contribution to rBC, while NOA
contribution (possible industry contribution) was very small (2.9%). Source contributions to PAHs in
NUIST and SEAS were found to be contrastingly different.

Figure 5. Scatter plots of measured and re-constructed rBC (a) and PAHs concentrations (b), and pie
charts of mass contributions of different factors to the total primary organic aerosol (POA) (c), and relative
contributions of these factors to rBC (d) and PAHs (e) in NUIST.

Figure 6. Scatter plots of measured and re-constructed rBC (a) and PAHs concentrations (b), and pie
charts of mass contributions of different factors to the total primary organic aerosol (POA) (c), and relative
contributions of these factors to rBC (d) and PAHs (e) in SAES.

3.3. Relationships between PAHs and Other Factors

In general, the mass loading and variation of a certain species in ambient are controlled by
an integrated effect from emissions, reactions, and meteorology. Therefore, we explored the relationships
of PAH concentrations with primary or secondary species, including both particle-bound and gas-phase
species, as well as the meteorological parameters.
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Figure 7 presents the variations of PAH concentrations against different OA terms, including
the oxidation state (OSc), mass concentrations of POA and SOA. OSc is defined as 2 × O/C-H/C [52],
here O/C and H/C are oxygen-to-carbon and hydrogen-to-carbon atomic ratios. Generally, PAH
concentrations decreased with the increase of OSc for both NUIST (except a small plateau between
−1.15 and −0.95) and SAES. Since OSc can be treated as a metric of the aging or oxidation degree
of OA, this result reflects the loss of PAHs upon atmospheric aging. On the contrary, PAHs had
an obvious positive relationship with POA for both datasets (Figure 7b,f), verifying its primary origin.
Furthermore, investigations on correlations between PAHs with individual POA factors (not shown
here) revealed that PAHs in NUIST correlated the best with IOA, and PAHs in SEAS correlated tightest
with rBC-rich OA. These results are in line with the pie charts shown in Figures 5 and 6—that IOA and
rBC-rich OA were dominant sources of PAHs in NUIST and SAES, respectively.
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Figure 7. Variations of PAH concentrations versus the oxidation states (OSc), POA, semi-volatile
oxygenated OA (SV-OOA) or less oxidized oxygenated OA (LO-OOA), and low-volatility oxygenated
OA (LV-OOA) or more oxidized oxygenated OA (MO-OOA) concentrations: (a–d) NUIST; (e–h) SAES.

The relationships between PAHs and SOA factors, however, were a bit complex. In particular,
the PAHs in NUIST even presented an increasing trend with SV-OOA (although not highly correlated).
We think this positive correlation reflects the semi-volatile behavior of PAHs, similar to that of SV-OOA
in NUIST, rather than an indication of secondary production of PAHs. NUIST PAHs did contain
more low MW PAHs, which might partially explain this semi-volatile behavior. For SAES, in fact,
the factor with relatively low oxidation degree (LO-OOA) had no clear semi-volatile behavior; therefore,
the PAHs correlated negatively with it, as expected. For these highly oxygenated SOA factors, LV-OOA
in NUIST and MO-OOA in SAES, very clear anti-correlations were observed between them with PAHs,
suggesting again the primary not secondary origin of PAHs, as well as oxidation loss of PAHs, along
with the formation of large amounts of SOA.

Figure 8 illustrates the relationships between PAHs with those criteria gaseous pollutants, including
CO, NO2, SO2, and O3. Note that concentrations of CO, NO2, and SO2 in NUIST were all higher
than those in SEAS; in particular, NUIST SO2 concentration was a few times higher than SAES SO2,
indicating a more important role of industrial (likely coal combustion) emissions in NUIST. PAHs
in both NUIST and SAES, in general, correlated positively with CO, NO2, and SO2, as these gases
were also, in large part, from primary emission sources, as PAHs. Only the correlation between
PAHs and NO2 in NUIST was less clear-cut, which was in fact also reasonable, considering that PAHs
in NUIST were mainly from industry emissions, yet NO2 was mainly from traffic. On the other
hand, PAH concentrations decreased continuously with the increases of O3 in both NUIST and SAES.
Different from other gases, O3 is exclusively produced from photochemical reactions; therefore, this
anti-relationship may suggest that PAHs were subject to photochemical oxidation, which impacted
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its atmospheric levels. Results in Figures 6 and 7 together demonstrate the enhancement of the mass
concentration of PAHs due to primary emissions, as well as the loss or sink of PAHs due to atmospheric
oxidation reactions.

Figure 8. Variations of PAH concentrations versus CO, O3, NO2, and SO2 concentrations: (a–d) NUIST;
(e–h) SAES.

At last, we investigated impacts of meteorological parameters (relative humidity (RH), temperature
(T), wind speed (WS), and wind direction (WD)) on PAH concentrations (as shown in Figure 9). First, it
is interesting to observe that WS had no clear impact on PAH loadings at both sites. The dilution effect
by wind speed was not significant unless there were strong winds (WS >3.5 m/s). For NUIST, PAHs
concentration from air parcels (east to southeast) was the highest, coincident with the industry zone
from that direction (Figure 1).Again, it demonstrates the dominance of industrial emissions to PAHs in
NUIST. For SAES, except that PAHs concentration was quite low in air parcels from north to east, other
air parcels all brought about relatively high loadings of PAHs, likely due to traffic activities from the
freeway and residential area (Figure 1). Regarding the effects of temperature, PAH concentrations in
both sites decreased against an increase in temperature, probably owing to two reasons: one is the
evaporation loss of PAHs at higher temperatures; another is the oxidation loss (since periods with
high temperatures, such as afternoons, often overlapped with periods with strong solar radiation, i.e.,
strong photochemical oxidation). In both sites, responses of PAH concentrations to RH changes were
generally positive (especially in SAES), but there was a drop at very high RH (>90%) probably due to
scavenging effects. The positive correlations were more likely owing to that high RH often occurring
during a time (i.e., nighttime and early morning) when strong anthropogenic PAH emissions were
exacerbated by low PBL heights.
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Figure 9. Variations of PAHs concentrations versus relative humidity (RH), temperature (T), wind
speed (WS), and wind direction (WD): (a–d) NUIST; (e–h) SAES.

4. Conclusions

In this work, for the first time, we applied a laser-only SP-AMS to investigate rBC-bound PAHs
during the winter in suburban Nanjing, and during fall in urban Shanghai. Highly time-resolved data
allowed us to characterize the mass spectra, diurnal patterns, sources of PAHs, and their correlations
with other factors. Average rBC-bound PAHs concentration in Nanjing was 46.0 ng/m3, much higher
than that determined in Shanghai (6.64 ng/m3). Nanjing PAHs were found to contain more low MW
PAHs, while in Shanghai, high MW PAHs contribution was more significant. The diurnal pattern of
PAHs concentration in Nanjing showed a clear morning peak and an overall high level throughout
the nighttime, while Shanghai PAHs concentration presented bimodal distribution in early morning
and evening, indicating a clear impact from traffic activities. Source apportionment on PAHs via
a multi-linear regression method using PMF-resolved OA factors as inputs, showed that, indeed, traffic
emissions were a major source of PAHs in Shanghai (70%), while industry emissions overwhelmingly
dominated PAHs in Nanjing (80%). We further investigated the relationships between PAHs and
other factors. PAHs presented overall positive relationships with POA and CO, NO2, and SO2, but
negatively correlated with OSc, SOA factors, and O3, demonstrating enhancement of PAHs level in
ambient, due to primary sources and oxidation loss from atmospheric aging. PAHs also decreased with
an increase in temperature, again, reflecting possible evaporation and/or oxidation loss of PAHs. High
PAHs concentrations often appeared under low T and high RH conditions, especially in Shanghai. Our
findings here provide useful insights into the understanding of pollution levels, temporal variability,
and the source and lifecycle of PAHs in representative atmospheric environments.
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Abstract: Whether the spring season brings additional pollution to the urban environment remains
questionable for a megacity. Aerosol sampling and characterization was performed in the urban
background of the Moscow megacity in spring 2017, in a period of a significant impact of mass
advection from surrounding fire regions. Parametrization of Angstrom absorption exponent (AAE)
on low and high values provides periods dominated by fossil fuel (FF) combustion and affected by
biomass burning (BB), respectively. The period identification is supported by air mass transportation
from the south of Russia through the regions where a number of fires were observed. Functionalities
in entire aerosol composition, assigned to classes of organic, ionic compounds, and dust, are inferred
by diffusion refection infrared Fourier transmission (FTIR) spectroscopy. Functional markers of
urban transport emissions relate to modern engine technology and driving cycles. Regional BB
functionalities indicate the fire impacts to the spring aerosol composition. The development of the
advanced source apportionment for a megacity is performed by means of combined ambient FTIR
data and statistical PCA analysis. PCA of FTIR spectral data differentiate daily aerosol chemistry
by low and high AAE values, related to FF- and BB-affected spectral features. PC loadings of 58%,
21%, and 11% of variability reveal the functional factors of transport, biomass burning, biogenic, dust,
and secondary aerosol spring source impacts.

Keywords: megacity; aerosols; source; PCA; fossil fuel; biomass burning; functionalities

1. Introduction

Air pollution due to particulate matter (PM) is one of the most important emerging environmental
problems. Atmospheric processes and numerous aerosol emissions determine PM chemical properties
impacting air quality [1] and human health [2]. The analysis of aerosol chemical composition
provides insight into source contributions and strengthens links between particle constituents, health,
and environmental impacts. However, the diversity of molecular constituents in the PM organic
fraction poses challenges for characterization; detailed chemical analysis is far from being achieved at
a molecular level [3].

Fourier transform infrared (FTIR) spectroscopy is a powerful tool for characterizing the aerosol
properties, behavior, and origins of the complex organic fraction [4]. It is an analytical technique that
captures the signature of a multitude of aerosol constituents and give rise to feature-rich spectral
patterns over the mid-IR wavelengths [5]. Aerosol functionalization is highly source-dependent;
it varies considerably between urban and rural regions and populated and remote areas, attributing to
various classes of oxygen, hydrogen, and nitrogen-containing compounds [6,7].
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Particulate emissions from fossil fuel (FF) combustion (motor vehicles, heating plants, energy
production) is dominated in urban environment. Health-related properties of aerosols assigned to
the biological accessibility and inflammatory potential indicates the importance of the functionalized
structure of transport engine-produced particles [8]. For apportionment organic functional groups to
sources, recurring FTIR spectral features were associated with available emission tracers [4]. The FF
combustion factor had found as a mixture of alkane, hydroxyl, and carboxylic acid groups, with small
contributions of amine and carbonyl groups. FF factors have characteristic peak locations common
with fuel standards: gasoline, diesel, and oil [9]. Diesel emission analyses based on an evaluation of
the relationship between engine, fuel, operating condition, and particle composition highlight the
functional markers of the organic structure [10,11].

The main part of the diesel transport is heavy-duty vehicles (e.g., trucks, buses, tractors, etc.),
which produce more black carbon than vehicles that run on gasoline [12]. However, the examination
of carbonaceous PM emissions and secondary organic aerosol (SOA) formation from modern diesel
particle filter (DPF) and catalyst-equipped diesel cars showed that they are markedly lower than from
gasoline vehicles [13]. This emphasizes a need for additional quantification of functional markers of
gasoline emissions as well.

Biomass burning (BB) affects the composition of particles by a large amount of incompletely
oxidized products related to a significant proportion of basic sugars, fatty acids, and aldehydes [14].
Wood combustion releases oxygenated polyromantic hydrocarbons (PAH) and acids with increased
temperatures, whereas wood combustion releases oxygenated phenolic compounds and sugars
derivatives at lower temperatures [15,16]. Alkane, carboxylic acid, amine, and alcohol functional
groups are mainly associated with FF-related sources, while non-acid carbonyl groups are likely from
BB events [6].

Multivariate calibration methods were developed to quantify the ambient aerosol organic
functional groups and inorganic compounds [17,18]. They are associated to sources of emissions with
the highest consistent contributions [4]. Apportionment of organic functional groups has identified
FTIR spectral features of emission factors of the respective sources such as FF combustion, biogenic,
BB, and ocean sources. Compositional analysis, functional group correlations, and back trajectories
were used to identify three types of periods with source signatures: primary biogenic-influenced,
urban-influenced, and regional background [7].

However, a complete set of internal standards for calibration of organic components in the
atmosphere is not available, in part because the ambient particle composition is not fully known.
Quantitative source apportionment developed for FTIR data can be applied only on a given instrument
where the calibration was done. This leaves a need for further developing the chemometric techniques
to apply to spectroscopy data analyses. In addition, the complexity of ambient mixtures of organic
compounds in the atmosphere results in mixtures that cannot be fully resolved by FTIR spectroscopy [3],
which requires the application of complementary aerosol characterization. From the other side, optical
aerosol characteristics such as spectral absorption can act as complementary for identifying the source
impact on the aerosol composition [19–22].

A promising approach for analyzing the FTIR spectral data is a chemometric tool such as principal
component analysis (PCA). It had been used for determination of the physico-chemical properties of
multi-component mixtures and discrimination between different chemical compositions [14,23,24].
The advantage of combined FTIR-PCA is that it can investigate chemical variations between well-defined
species that can provide a clear parametrization for the analyses of spectral differences and identification
of characteristic chemical components [25]. In urban areas, the apportionment of multifunctional
aerosol compounds remains largely uncertain because of the plurality of emission sources. In the
Mexico City Metropolitan Area (the second largest megacity in the world), FTIR-based studies found
motor vehicle emission, oil burning, BB, and crustal components to be the main sources [6].

Moscow is the largest city in Europe. Moscow often faces serious traffic congestion problems
because of the increased vehicle numbers; the total count of vehicles was registered as much as
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4.6 million by the end of 2017 [26]. The uniform interdepartmental information and statistical system
(www.fedstat.ru) reported around 4,640,000 vehicles, including 90.4% and 8.5% of light- and heavy-duty
cars and trucks, respectively, as well as 1.1% of buses. According to the Department of the Federal
State Statistics Service, in the Moscow megacity, transport gaseous emissions compose up to 93% of the
gross pollution from mobile sources [26].

Despite Moscow facing air quality problems [27], a lack of aerosol chemical characterization is
significant. The pollution data presented for Moscow between global megacities are available only for
particulate mass of size less than 10 μm (PM10) and 2.5 μm (PM2.5) masses [28]. The impact of BB
is assumed negligible because the central heating system is operated. However, during an extreme
smoke event in the Moscow megacity, a waste range of hydroxyl, aliphatic, aromatic, acid and non-acid
carbonyl, and nitro compounds had indicated the intensive wildfires around a city as a major source
of pollution [29]. The first steps to source the apportionment on the bases of organic and inorganic
composition characterization was made in

This paper is devoted to aerosol characterization of the Moscow megacity urban background in
spring season, when the megacity is most affected by a plurality of emission sources. FTIR spectroscopy
complemented by the functional groups represent the classes of compounds in the entire aerosol
composition. Analyzed spectral absorption provides the parametrization of Angstrom Absorption
Exponent for identification of the periods dominated by FF and affected by agriculture and residential
BB. Functional markers for diesel emissions related to modern engine technology and driving cycles
as well as regional BB indicate to which extent the FF and BB emission sources impact the aerosol
composition in urban environment. Because the identification of functional markers for gasoline car
emissions had not been done before, we have conducted the sampling campaign and characterize
the functional structure of gasoline particulate emission, based on European standard protocols.
Comparison of the day-to-day functional group composition shows the changes over the range of
major functional factors influenced the aerosol composition. We attempted to interpret each PC loading
in terms of chemical composition, relating them to functional factors.

2. Experiments

2.1. Ambient Sampling Campaign

The intensive campaign was performed in the southwest of the Moscow city from 17 April to
25 May 2017. Aerosol sampling was conducted at the rooftop of two–story building of the Meteorological
Observatory of Moscow State University (MO MSU) (55.07′ N, 37.52′ E) (Figure 1). MO MSU is located
at the territory of the MSU campus, in an area of Vorob’evy Gory hills, which is well-ventilated. There
are no industrial plants or commercial areas nearby. At about 800 m to the north and north-west from
the MO MSU, there are the residential area and the Lomonosovsky prospect highway, respectively.
The closed industrial enterprises are central heating stations at a distance of 3 km from the MSU.
Therefore, the MO MSU is considered an urban background station. The recent aerosol and its radiative
effects observed at MO MSU during the AEROCITY 2018 experiment was presented in [30].

Sampling of particles with dimeter less than 10 μm (PM10) was performed on 47 mm quartz fiber
filters (preheated at 600 ◦C in advance) at 24 h intervals from 8 p.m., totaling 38 samples. Measurements
of meteorological parameters (temperature, precipitation) was performed each 3 h by the MO MSU
meteorological service. PM10 mass concentrations were collected by the Mosecomonitoring Agency
using the tampered element oscillating microbalance TEOM 1400a (Thermo Environmental Instruments
Inc. Franklin, MA, USA).

41



Atmosphere 2020, 11, 319

Figure 1. Map of Moscow city. Meteorological station of Moscow State University is indicated.

To evaluate the air mass transportation impact, the backward trajectories (BWT) were generated
using the HYbrid Single-Particle Lagrangian Integrated Trajectory (HYSPLIT) model of the Air
Resources Laboratory (ARL) [31] with a coordinate resolution equal to 1◦ × 1◦ of latitude and longitude.
The potential origin areas were investigated using two-day back trajectories for air masses arriving
each 12 h to the MO MSU at 500 m heights above sea level (A.S.L.). Fire information was obtained
from Resource Management System (FIRMS), operated by the Earth Science Data Information System
(ESDIS). Daily maps were related to the computed trajectories, providing a clear picture of the
geographical location of fires, with a resolution of several kilometers. The number of fires that could
affect air masses transported to the MO MSU was calculated as the sum of fires that occurred at a
distance of 0.5◦ on both latitude and longitude from the BWT.

2.2. Near-Gasoline Source Sampling Campaign

A Ford Focus car with a downsized three-cylinder 1.0-L turbocharged gasoline direct injection
(DISI) EcoBoost engine (12-valve, 999 cm3 displacement, Euro 6) and a Škoda Fabia car with a naturally
aspirated multi-point injection (MPI) engine (1394 cm3 displacement, Euro 5) were used for emission
sampling. Ordinary gasoline without oxygenated compounds with a nominal research octane number
of 95, meeting CSN EN228 specifications, was obtained from a local gas station (EurOil). The Ford
Focus car was tested on a chassis dynamometer using the full length of the Common Artemis Driving
Cycles (CADC), including urban, rural, and motorway (130 km/h maximum speed) parts. The exhaust
was routed into a full-flow dilution tunnel, from which samples were taken on quartz fiber and Teflon
membrane filters during three runs of the CADC. The results of vehicle emissions tests have been
described previously elsewhere [32].

2.3. Methods and Techniques

FTIR spectra of filter samples were acquired using an IRPrestige-21 spectrometer (Shimadzu,
Kyoto, Japan) in a diffuse reflection mode, described in details elsewhere [10,11]. Spectra were recorded
in the 450 to 4000 cm−1 range with 4 cm-1 resolution and 100 accumulated scans. IR Solution software
was applied to subtract the spectrum of blank substrates as well as to perform the Kubelka-Munk
(K-M) conversion into a quasi-quantitative spectrum correlating with the sample concentration. Basis
line correction was done by a subtraction of basis line function spectra.
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To address the possible inhomogeneity of the sample loading, spectra were collected from
three–five different spots on each sample. One spectrum was taken as representative of the entire
sample, because it shared the biggest number of common absorption bands with others. Spectra in
the range 3600–4500 and 1790–2500 cm−1 were not considered because dominant absorption of water
vapors and CO2, respectively. Because blank quartz filters exhibit strong absorption bands in the
770–860 and 972–1530 cm−1 spectral ranges, causing the majority of uncertainty, their examination was
excluded from the following analyses.

The FTIR spectrum was divided into the vibration band regions, which are unique for each
chemical compound [33]. Extensive knowledge is required for the identification of the functional groups.
The common approach used in FTIR studies for the interpretation of the IR absorbance peaks is based
on the referencing to spectroscopic guides and bands observed in previously published data [34,35].
Because of the possible overlapping of vibration bands and in order to avoid the discrepancy obtained
in measurements performed by various spectral modes and apparatus, the interpretation of the IR
spectra in this work was based on the database purposely built using the measurements performed
on the same FTIR setup. We based our methods on the approach for identification of functional
groups represented by wavenumbers of the absorption bands typical for ambient aerosols, according to
previous comprehensive field observations and calibrations [5,18,34]. Additionally, the analyses of IR
spectral features of near-source emissions performed in previous studies on the same apparatus [10,36]
were summarized.

The database was completed through the use of a set of authentic chemical standards.
Supplementary Materials Table S1 lists classes and compounds included into the database. We address
16 classes of organic compounds (alkanes, alkenes, polyaromatics, carboxylic acids, carbohydrates,
amino acids, amines, aldehydes, ketones, esters, lactones, quinones, nitrocompounds, formats, alcohols,
humic-like substances (HULIS), and sugars) and inorganic compounds (sulfates, nitrates, carbonates,
and sulfuric acid). Absorbance peaks related to organic (hydroxyl O-H, carbonyl C=O, aliphatic C-C-H
and C=C-H, polyaromatic C=C and C=C-H, C-O, N-H, C-N, -NO2, C-O-C) as well as ionic (NO3

−,
CO3

2−, NH4
+, SO4

2−) functional groups are assigned in Table S2.
Off-line examination of light attenuation of particles deposited on quartz filter samples was

performed using the multiple wavelength light transmission instrument (transmissometer) based on
the methodology of [19]. The intensity of light attenuation through quartz filters was measured at
seven wavelengths from the near-ultraviolet to near-infrared spectral region. Five different areas of
the sample filter were analyzed in order to assess the possible heterogeneity of the sample. Then,
the averaged attenuation (ATN) was used for the parametrization of the dependence of the attenuation
(ATN) on the wavelength λ using a power law relationship:

ATN = kλ−AAE (1)

where the Absorption Angstrom Exponent (AAE) is a measure of a strength of the spectral variation
of aerosol light absorption. It was shown that light attenuation is primarily due to particle light
absorption [37]. In the optical transmission method employed here, the aerosol particles were collected
using reflective quartz fiber filters, which brings uncertainty because light scattering by the filter fibers
provides the embedded particles multiple opportunities to absorb light. Black carbon (BC) produced
by high-temperature combustion sources fit within the Rayleigh scattering regime for near-visible
wavelengths with a theoretical λ−1 relationship [38]. Weak spectral dependence of ATN with AAE
around 1 was found for diesel soot and urban aerosols produced by fossil fuels combustion [19], and as
much as 4.1 for peat burning [39]. Spectral absorption of BB shows the combined impact of both BC
absorbing from 670 nm down to 500 nm and brown carbon (BrC), which increases the absorption
below 500 nm.
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2.4. Functional Markers

Fuel combustion processes yield the basis particulate functionalized structure determined by
a high and low combustion temperature [4,16,40]. Characterization of near-source emissions was
conducted in order to emphasize the specific atmospheric pollutant functional patterns from the
major local sources and then to compare them with those identified in the urban environment [22,29].
Observations of dominant alkane functionalities of particles emitted by an Opel Astra diesel engine [41]
and BMW and John Deere engines operating at the stationary and transient conditions [42] are in a
good agreement with the quantification of total aliphatic compounds in diesel emission constituting
68% carbon by weight [43]. Aromatic C=C functionalities accompanies aliphatic C-C-H, with less
prominent carbonyl C=O and nitro-ONO2 functionalities, in the particulate emission of the most
widely used Iveco Tector heavy-duty diesel engine operated in a World Harmonized Transient Cycle
(WHTC) using conventional EN 590 diesel fuel [11]. A similar functional pattern was observed in
emissions of off-road diesel engines [10] operated in standard Non-Road Steady State cycle, which is
identical to the ISO-8178 non-road engine emission certification procedure.

Therefore, we assumed that diesel transport emissions significantly impact the aerosol composition
in Moscow environment. Then, we suggested that the diesel emission functionalized structures of the
common transport system operated at the most widely distributed fuels and driving cycles described
above as functional markers for transport impact onto Moscow aerosol composition. Since real-world
engine operating conditions are best represented by a transient cycle (where both engine speed and
fuel consumption vary) [44], we took into account the functional patters of particulates emitted during
transient diesel engine operation cycles as markers for the following source apportionment.

In order to address the gasoline transport emission, the functionalized patterns of particulate
matter emitted from the DISI engine, using gasoline fuel with an octane number of 95 of CSN EN228
specifications, were analyzed. For this study, spectra obtained at an urban ARTEMIS driving cycle
commonly applied in a city were used as a functional marker for diesel transport emission.

Since BB occurs in various phases and for different biomasses, we identified the functional pattern
that can represent the regional BB features impacted the aerosol composition in a city. With a purpose to
quantify the functional markers for Moscow regional wildfire and residential emission, the small-scale
experimental open fires were conducted in the Moscow region at the location where intensive forest
fires were observed [29]. Both combustion phases (low-temperature smoldering and open flame
(flaming)) represent the BB process [45]. Therefore, for the purpose of this study, we used both spectral
data for smoldering and flaming of regional BB as functional markers. To address agriculture fires
relating to grass combustion, the inside and above grass burning spectra data were additionally
considered, which were collected from the measurement campaign conducted during the peat burning
event near Moscow [39].

Carbonates (CO3
2−) were identified in the range 880–860 cm−1; their presence in the PM size

fraction was confirmed by thermo-optical measurements of carbonates in form of carbonate carbon [46].
Relative concentrations of carbonates increased from low to high amounts of smoke, thus showing
the impact of re-suspended soil particles during intensive agricultural fires on the composition of
coarse ambient aerosols. We should also note the prominent similarity of the position of the 880 cm−1

vibration band of carbonates in ambient aerosols, similar to spectra of flaming emission. This indicates
the wide distribution of dust in the urban atmosphere as well as dust of soil evolved by air convection
during fires impacted the city atmosphere [22].

The soil-related particles are due to transportation, construction, agriculture, and wind erosion.
Dust functionalities are specific features of coarse particles related to soil; Blanco and McIntyre (1972)
reported quartz, silicates, and kaolinite to be the main constituents of coarse PM. We refer to the
published data for the bands of dust-related functionalities in silicates, quartz, and kaolinite [47].
The band that appeared at 914 and 950 cm-1 is attributed to Al-OH vibrations in the octahedral sheet
structure of kaolinite [48] and Si-OH stretching [49], respectively.
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2.5. Principal Component Analyses

PCA is a well-known chemometric procedure that allows the rotating the space spanned by
the original variables to a new space, spanned by the Principal Components (PCs), in which most
of the information contained in the original data is reported in the first (generally two or three)
PCs [50]. The PCs are obtained using both the covariance data matrices (scaling by mean-centered
data). Visualizing the two-dimensional (2D) plot of PC1 vs. PC2 (and/or PC3) allows studying the
behavior of samples (in the scores plot) and variables (in the loadings plot).

For the preparation of the data matrix for PCA analyses, after conversion to K-M mode,
the smoothing of the FTIR spectra was performed by a method of smoothing spline, using the
minimizing of the mischief function and penalties for irregularities. Then, spectra were subjected to
secondary derivatization by an approach described elsewhere [25]; the second derivative is beneficial
in highlighting the difference between spectrum and minimization of the noise. A matrix for 25 daily
FTIR spectral intensities and variables of 797 wavenumbers was built. Principal component analysis
(PCA) decomposes the data matrix and concentrates the source of the variability into the first few PCs.

3. Results and Discussions

3.1. FF and BB—Affected Periods

PM10 mass concentrations over the sampling period show a strong variation from the lowest of
8 μg/m3 to the highest value of 64 μg/m3, on average 22 ± 16 μg/m3 (Figure 2). The longest episode of
the highest PM10 was observed at MO MSU on 29 and 30 April, on average 55 ± 19 μg/m3. On nearly
the same days, from 29 April until 2 May, the ambient temperature approached an abnormally high
level for this season: +21 ◦C. We observed relatively good correlation between high PM10 and the local
temperature maximums (Figure 2), with correlation coefficient R2 equal 0.68.

Figure 2. PM10 mass concentrations and temperature over the sampling period at MO MSU.

The spectral dependence of the light attenuation (ATN) for daily samples was found to be well
approximated by a power law equation (1). The Absorption Angstrom Exponent (AAE) was obtained
as the slope of the linear regression with R2 around 0.9. Variation of the ATN spectral dependence
during the whole sampling period exhibits the range of AAE from 1.03 to 1.95 (Figure 3). The values
above 1.0 may indicate that brown carbon (BrC) associated with organic carbon in addition to BC
contributes significantly to the measured light absorption of biomass smoke aerosols in ultraviolet and
visible spectral regions [51].The authors in [19] obtained a high value of 2.5 for smoke of savanna fires,
while peat bog burning near Moscow region was characterized by AAE around 4.2 [39].
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Figure 3. Absorption Angstrom Exponent (AAE) obtained from spectral dependence of aerosol light
attenuation and number of fires (N) passed by air masses.

In spring time, fires are usually observed south of Moscow, an agriculture practice with the
purpose to remove last year’s grass on the fields that is widespread in this season. BB in residential
areas around the city can also be pronounced, especially during the May holidays from 1 to 6 May,
because of the high temperatures during that time. Therefore, we could assume that the analyses of
the aerosol spectral dependence of light absorption during the studied time can indicate the impact of
fire-affected air mass on the aerosol chemistry in Moscow.

From 17 to 22 April, AAE values higher than 1.4 were observed (Figure 3). During this period,
the air masses were transported from the north and passed the agriculture fires close to Moscow
(Figure 4). On 23 April, the direction of air mass transportation changed to the west, while from
25 April to 2 May the direction was consistently from the south. On 23 and 24 April, the AAE dropped
to 1.0. Since 25 April, the AAE became higher again, in correlation with a large number of fires
observed in the south of Moscow (Figure 4). Moreover, the period from 30 April–5 May coincided with
a vacation period in Russia when the warm temperatures (Figure 2) stimulated intensive residential
activity around Moscow city, such as garden cleaning, grass burning, and barbecues. After 4 May,
the direction of air mass transportation changed to the arctic region (Figure 4), leading to a drop of
temperatures of a few degrees. On 11–13 May and 17–20 May, the air mass changed its direction from
the west and east, respectively (Figure 4). On 5 May, the AAE dropped to 0.97 and no longer exceeded
1.3, even though the trajectories passed the regions of fires. This can be explained by small amounts of
fires and frequent precipitation in this period.
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Figure 4. Two-day back air mass transportation from the HYSPLIT model in the days of the BB-affected
period (left) and FF period (right), 500 m A.S.L. Fires observed by FIRMS in indicated days are marked
by circles and triangles.

The light spectral absorption can be applied as a source-specific optical marker for impact of BB
on urban aerosols. The sampling period of our study can be divided into periods of low and high AAE.
The formal criteria for parametrization were chosen to be based on the observations performed in an
urban environment, where the separation between BB-affected and FF periods was proposed at an
AAE level of around 1.3 [21]. Thus, we addressed the days of the weak spectral dependence with AAE
= 1.08 ± 0.02 to the dominant impact of fossil fuel combustion emissions with less impact of biomass
burning during the “FF” period (Figure 3). Days of the dominant impact of biomass burning emissions
during “BB-affected” period show a high spectral dependence with an averaged value AAE = 1.61 ±
0.02. Similar results for traffic emissions were obtained in the Hanoi megacity with an AAE equal to
1.3 (Popovicheva et al., 2017b), indicating that traffic produces significantly less BrC and more BC than
biomass burning. The number of fires passed by air masses relates to BB-influenced days (Figure 3).

3.2. FF-Related FTIR Spectral Features

In the Moscow megacity, anthropogenic PM emissions occurred due to traffic, industry, heating,
waste recycling, and construction. Biomass was not used as a fuel for domestic burning because
of the central heating system, which is different from many European cities. Various absorption
bands relating to different classes of organic and ionic compounds were observed in FTIR spectra
of spring aerosols; the most frequently indicated wavenumbers are shown in Figures S1 and S2.
Saturated C-C-H, unsaturated C=C-H, and aromatic C=C and C=C-H vibrations suggest the presence
of alkanes, alkens, and polyaromatic hydrocarbons (PAH), respectively. Carboxyl C=O groups
represent functionalities in carboxylic acids, ketones, esters, anhydrides, and quinones. Hydroxyl -OH
groups are associated with alcohols, while aromatic -NO2 and -NH groups indicate the presence of
nitrogen-oxy compounds and amines, respectively. Attributes of salts are SO4

2− and CO3
2− bands in

sulfates and carbonates, respectively.
FTIR spectra of days assigned to the FF period are shown in Figure S1. The most frequent feature

of all spectra are the aliphatic C-C- symmetric/asymmetric stretches (2926–2855 cm−1) of methylene
> CH2 groups in alkanes. At higher wavenumbers, at around 3223 and 3405 cm−1, the vibrations of
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ammonium NH4
+ and N-H amine groups, respectively, were prominent. In the same range, the O-H

groups in alcohols and sugars can be identified. The most frequently observed bands in the range of
1738–1715 cm−1 and 1587 cm−1 are carbonyl C=O and C=C, respectively. C=C stretching is attributed
to either aromatic compounds or microcrystalline structure of soot particles due to its polyaromatic
character [52,53]. In both cases, the IR-inactive C=C mode is augmented by either sufficient asymmetry
of the carbon material polyaromatic structure (e.g., by defects) or related to carbonyl groups conjugated
with aromatic segments [54]. At 880 cm−1 carbonate CO3

2− groups dominate.
The representative spectra for two days of the FF period (05.18 and 05.19) are shown in Figure 5,

together with representative spectra of transport source emissions. In order to assign the absorption
bands of ambient aerosols to the transport impact, the correlation with a pattern of a functional
marker for diesel and gasoline particulate emissions was analyzed. Spectra of particulate emissions
from heavy-duty diesel, off-road diesel, and gasoline direct injection engine operated in World
Harmonized Transient cycle (Diesel_WHTC), Non-Road Steady State cycle ISO-8178 (Diesel_ ISO-8178),
and Urban portion of the Artemis cycle (term as MPI gasoline URBAN), respectively, are shown in
Figure 5. Both diesel engine emissions demonstrate the high similarity for bands at 1585, 1668, 1719,
and 2920–2859 cm−1 of aromatic C=C, aldehydes, acids/ketones C=O, and alkane C-C-H functional
groups, respectively. Gasoline engine emission coincides by a wide band of C=C group. It is worth
to note that a prominent band at 1589 cm−1 associated with carbonyls was persistently observed
in high-temperature combustion emissions, which was also found in gas flaring particulates [40].
Such findings prove that soot produced at high-temperature combustion can be identified by the similar
chemical structure related to the aromatic ring stretching mode enhanced in intensity by O-containing
functional groups.

Figure 5. FTIR spectra for 05.18 and 05.19 from the FF period. Spectra of a heavy-duty diesel
engine operated in the World Harmonized Transient Cycle and with conventional EN 590 diesel fuel
engine (Diesel_WHTC), an off-road diesel engine operated in a Non-Road Steady State cycle ISO-8178
(Diesel_ ISO_8178), and an multi-point injection (MPI) gasoline engine operated in an Urban cycle
(MPI_gasoline_URBAN) represent road and off-road diesel and gasoline emissions, respectively.

There is a band in the representative spectra for two days of the FF period which always coincides
for all spectra in Figure 5, it is one peaked at 1589 cm−1 and other at 1719 cm−1 for C=C and C=O,
respectively. Bands of alkanes peaked at 2926–2855 cm−1; moreover, alkenes observed at 1645 cm−1

are identical between spectra of the FF period and diesel emissions functional markers, but different
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from the gasoline ones. Polyaromatic C=C=H at 750 cm−1 are similar for spectra of the FF period
and Diesel_ ISO-8178. Thus, we considered that C-C-H, C=C, and C=O groups in alkane, aromatic,
and oxidized compounds act as a functional marker of transport vehicle emissions in the Moscow
environment (Table 1).

Table 1. Patterns of functional groups acting as functional markers of transport vehicle and regional BB
smoldering and flaming emissions in Moscow megacity.

Wavenumbers, cm−1 Diesel/Gasoline Transport Wavenumbers, cm−1 Smoldering/Flaming

637 SO4
2− 617-621 SO4

2−
750 C=C-H 762 C=C-H
1585 C=C 1530 -NO2
1668 C=O 1618 C=C
1719 C=O 1730–1680 C=O

2920–2859 C-C-H 2926–2851 C-C-H
~3401 O-H,N-H

Additionally, to organic functionalities, in the FF period sulfates, SO4
2− in various salts and

sulfuric acids are well observed in the wide range of 661 to 617 cm−1. Sulfates were consistently
observed in transport vehicle emissions [10,41,42] due to fuel and lubrication oil contaminations. They
show the prominent absorption band on the spectra of off-road diesel engine operated in Non-Road
Steady State cycle ISO-8178 (Figure 5).

Secondary particles that are mainly ammonium sulfate and nitrate formed in the air from regional
or local gaseous emissions of sulfur dioxide and oxides of nitrogen reacting with ammonia [55]. SO4

2−
is well correlated with the NH4

+ absorption band at 3227 and 638 cm−1, due to the formation of
internally mixed particles during long-term transport from urban sources [7] and BB season [46].

The bands observed in the FF period at 3405 cm−1 can be associated to N-H in amines and amino
acids, and to O-H in alcohols. Functionalities of amino acids are found to be well correlated with
hydroxyls and carbohydrates; they are classified as biogenic functional groups because they originate
from biogenic sources [7]. Additionally, the band at 3474 cm−1, assigned to O-H in sugars, alcohols,
and carbohydrates, may prove the biogenic impact to aerosol composition. Such compounds are not
emitted by diesel/gasoline transport; together with sulfates and ammonium, they demonstrate the
mixing of secondary and biogenic aerosols in ambient urban environment. Related to sugars, alcohols,
and carbohydrates, the band at 3474 cm−1 is also prominent during the FF period, indicated by the
biogenic emission already observed during spring time in other studies [56].

3.3. BB-Related FTIR Spectral Features

FTIR spectra of days assigned to the BB-affected period are shown in Figure S2. The most
frequent feature of all spectra are the aliphatic C-C-symmetric/asymmetric stretches (2926–2851 cm−1)
of methylene >CH2 groups in alkanes. Besides this group, other functionalities are much more variable
and difficult to be described for comparison only by observation.

In Figure 6, the representative spectra for two days of the BB-affected period (05.01 and 04.29) are
shown, together with spectra for smoldering and flaming of Moscow regional biomass. BB spectra of
both biomasses exhibit a very wide unresolved band near 3401 cm−1 from various O-H and N-H in
carbohydrates (including levoglucosan), alcohols, and amines. Aliphatic C-C-H and C=C stretching
of aromatic rings are observed at 2926–2851 and 1614 cm−1, respectively. A wide band of oxidized
functionalities in the range from 1730 to 1700 cm−1 relates to carbonyl C=O groups. Polyaromatic
C=C=H at 754 and 710 cm−1, as well as features of sulfates at 617 cm−1, are prominent for flaming, while
strong absorption was observed at 667 cm−1 due to sulfate emissions in K2SO4, MgSO4, and Na2SO4 in
the smoldering phase. The presence of SO4

2− absorption bands at 617 m−1 and their slightly prominent
feature in smoldering smoke indicate the formation of secondary sulfates in the Moscow environment,
a phenomenon usually relating to the aging of biomass burning aerosols [57].

49



Atmosphere 2020, 11, 319

Figure 6. FTIR spectra for 05.01 and 04.29 from the BB-affected period. Spectra of the Moscow regional
biomass represented by spruce flaming and mixture smoldering fires.

It should be noted that during an extreme smoke event, observed in the Moscow megacity in
August 2010, smoldering and flaming of regional wildfires near a city were a source for very intensive
persistent carbonyls found near 1736 cm−1 [29]. The photochemical aging of BB smoke could result in
the formation of secondary organic aerosols (SOA), which are represented through high dicarboxylic
acid concentrations [58]. Additionally, in flaming spectra, a band of organic −NO2 groups are located
at 1530 cm−1, similar to the very prominent vibrations there were observed in the peat bog smoke
inside and above the grass during long-lasting peat burning near the Moscow region [39].

Analyses of the correlation between absorption bands of aerosols during the days of the BB-affected
period and regional BB spectra indicate many similarities. In the range of the highest wavenumbers,
ambient aerosols have a prominent peak at the same wavenumber of 3401 cm−1, defining the similar
absorption compounds with regional BB; however, it is much narrower and likely dominated by
N-H amines. A wide band of oxidized functionalities is localized near 1736 cm−1, while -NO2 is
always prominent at 1530 cm−1. Polyaromatic C=C=H at 765 and 710 cm−1 are similar to the regional
BB spectra; sulfates always dominate at 617 cm−1, which are related to the vibrations in Ca2SO4.
The representative spectra in Figure 6 show the days of the highest fire impact when BWT indicates the
areas of fires (Figure 3). Therefore, we justify that a BB functional marker pattern of OH, N-H, C-C-H,
C=O, C=C, C=C-H, -NO2, and SO4

2− groups in carbohydrates, alcohols, amines, alkanes, oxidized
compounds, aromatic, nitrocompounds, and sulfates can act as a functional marker of regional BB
emissions in the Moscow environment (Table 1). The presence of small absorption at 3474 cm−1 reflects
the co-existence of BB and bioaerosols, which was already observed during spring time [56].

Dust functionalities related to soil appeared at 923 cm−1, attributed to Al-(OH) vibrations in
kaolinite, and related to Si-OH stretching around 950 cm−1. Carbonates (CO3

2−) were identified in
the range 880–860 cm−1; their presence in the PM size fraction was confirmed by thermo-optical
measurements of carbonates in the form of carbonate carbon [46]. Relative concentrations of carbonates
are increasing from low to high smoke, thus showing the impact of re-suspended soil particles during
intensive agricultural fires on the composition of coarse ambient aerosols. The IR spectra of the coarse
samples exhibited a peak around 870 cm−1, which was due to asymmetric vibrations of calcium
carbonate (CaCO3) [59]. During the BB-affected period, we should note the prominent similarity of
the position of 880 cm−1 vibration band of carbonates CO3

2− in ambient aerosols, similar to spectra of
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flaming emission. This indicates the wide distribution of dust in the urban atmosphere as well as that
evolved by air convection during biomass burning, which impacted the city atmosphere [22].

3.4. Combined FTIR-PCA Analyses

In order to investigate the variations in functionalized structures and detect similarities between
daily aerosol chemistry, a combined FTIR spectroscopy and PCA were used. The score PC1 × PC2
plots calculated using the FTIR spectra data matrix for the whole sampling period is shown in Figure 7.
The highest principal component (PC) axes 1, 2, and 3 account for 57.7, 21.1, and 11.1% of the total
variance in the data set, respectively. There are three days, namely 04.29, 05.01, and 05.19, for which
FTIR spectra show very high PC1 variability with respect to the other ones, described by the highest PC1
values. Additionally, these days were when the highest temperature and PM10 mass concentrations
were observed (Figure 2).

Figure 7. PCA score plots (PC1 × PC2) for FTIR spectra of sampling days marked by red and blue for
AAE in the range of 1.61 ± 0.02 and 1.08 ± 0.02, relating to the BB-affected and FF periods, respectively.

The scatter plot of PC1 against PC2 shows the similarities as well as the differentiation between
aerosol composition of days separated on two episodes according to the AAE parametrization. A big
group of days assigned to the high AAE is clustered at negative PC2, their chemical composition is
characterized by a similar pattern of the functional groups. It indicates that there is a BB-related factor
that strongly influences aerosol chemistry, separating those days into the negative direction of PC2.
On the other hand, the PC2 × PC3 plot does not demonstrate such separation well. The loadings plot in
Figure 8 show the spectral variability explained by the first PCs. Marked extremums are the absorption
bands identified on FTIR spectra of daily samples.

Table 2 summarizes the results of PCA analysis providing the most important variables as
functional factors. It shows the principal components explaining PC1 (Factor 1, 58%), PC2 (Factor
2, 21%), and PC3 (Factor 3, 11%), totaling 89.9% of the data set variance. Factor 1 had the highest
absolute value 0.21 for dust carbonates CO3

2− (878 cm−1), showing the impact of re-suspended soil
particles, dust generated by the wind erosion, and transportation during spring season. Polyaromatics
(762 cm−1) from combustion emissions and sulfates (617 cm−1) of BB features were also described
by a high PC1, equal to 0.133. On the other hand, alkanes (2926–2855 m−1), alkenes (1645 cm−1),
C=C (1591 cm−1) related to diesel/gasoline transport, and esters/carboxylic acids (1736 cm−1) showed
a PC1 value in the range of 0.046–0.023. In Factor 2, sulfates (621 cm−1) from secondary aerosols
demonstrated a high variability, with a PC2 value of 0.21. Furthermore, dust-related features (947 and
882 cm−1) with carboxylic acids/ketones (1715 cm−1) from transport and aldehydes (1686 cm−1) in BB
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emissions were best explained by PC2 in the high absolute value range of 0.13–0.06. Strong features of
sugars/alcohols/carbohydrates (3474 cm−1) were observed in biogenic aerosols, characterized by an
absolute value of PC2 equal to 0.02. Factor 3 reveals the biggest impact of various sulfates (667, 638cm−1)
of long transportation, as well of dust carbonates (883 cm−1) at the highest PC3 near 0.13, supported by
C=C (1618 cm−1) agriculture/residential fires with a PC3 of 0.075.

Figure 8. PC1, PC2, and PC3 loadings. Marked extremums are the absorption bands identified on FTIR
spectra of daily samples.
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Table 2. Functional factors presented by principal components of PCA analysis of FTIR data.

Wavenumber,
1/cm

PC1
Loading

(58%)

PC2
Loading

(21%)

PC3
Loading

(11%)
Functional Groups

617 −0.133 SO4
2− sulphates

621 0.21 SO4
2− sulphates

638 0.126 SO4
2− sulfuric acid, sulphates

644 0.038 SO4
2− sulfuric acid

648 −0.125 SO4
2− sulfuric acid, sulphates

667 −0.046 −0.126 SO4
2− sulphates, sulfuric acid

710 0.038 CO3
2− carbonates; SO4

2− sulphates; C=C-H
polyaromatics

712 −0.064 CO3
2− carbonates; C=C-H polyaromatics

735 0.046 C=C-H polyaromatics
741 −0.058 C=C-H polyaromatics
762 −0.132 0.046 C=C-H polyaromatics
878 −0.207 CO3

2− carbonates; C=C-H polyaromatics
882 −0.126 CO3

2− carbonates; C=C-H polyaromatics
883 0.105 CO3

2− carbonates; C=C-H polyaromatics
928 −0.068 O-H organic acids
947 −0.073 O-H organic acids
951 0.076 O-H organic acids
1539 −0.043 -NO2 nitrocompounds
1587 −0.019 N-H amino acid; -NO2 nitrocompounds
1591 −0.023 N-H amino acid; C=C polyaromatics
1593 −0.011 N-H amino acid; C=C polyaromatics
1614 −0.038 C=C polyaromatics; N-H amino acid
1616 0.032 C=C polyaromatics; N-H amino acid
1618 0.075 C=C polyaromatics; N-H amino acid
1643 0.027 C=C alkenes
1645 −0.04 C=C alkenes
1684 −0.012 C=O aldehydes
1686 0.063 C=O aldehydes
1688 −0.031 C=O aldehydes, carboxylic acid
1709 0.018 C=O carboxylic acid, ketones, aldehydes
1715 −0.074 C=O carboxylic acid, ketones, aldehydes
1736 −0.046 C=O esters, carboxylic acid
1742 0.029 C=O esters, carboxylic acid
2855 −0.049 C-C-H aliphatic hydrocarbons; O-H organic acids
2857 −0.019 C-C-H aliphatic hydrocarbons; O-H organic acids
2926 −0.053 C-C-H aliphatic hydrocarbons; C=C alkenes
2928 −0.024 C=C alkenes
3233 −0.01 NH4

+ ammonium
3356 0.009 N-H amino acid; O-H carbohydrates and alcohols
3403 −0.013 N-H amines and amino acid; O-H alcohols
3474 −0.02 O-H sugar, alcohols and carbohydrates

4. Conclusions

Spring aerosols in the Moscow urban background were analyzed for particle-associated organics,
ions, and dust functionalities. Classes of organic/inorganic compounds in the aerosol composition
were inferred from analyses of FTIR spectral absorbance. Sixteen organic compound classes and two
ionic inorganic and dust-related species were identified in spring aerosols. The composition of daily
ambient aerosols demonstrated aliphatic, aromatic, carbonyl, and sulfate compound absorbance as
features of traffic emissions. The functionalities of diesel/gasoline emission were found in ambient
aerosols by their functional markers, showing the dominant impact of transport emissions from the
diesel/gasoline vehicles operated in the Moscow megacity at the most common engine cycle conditions.
Specific bands of amines, sugars, alcohols, and carbohydrates indicated the biogenic activity, while
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prominent ammonium and sulfates absorbance was assigned to secondary inorganic formation typical
for urban environment. Because the sampling site at the Meteorological Observatory took place in
a residential area, far from highways and industrial and agricultural activities, the main source of
ammonium sulfates in PM were likely from secondary aerosols. Dust-related functionalities were
proved by carbonates and kaolinites.

Complex chemistry and devised organic composition requires a source-specific optical marker for
the assessment of a potential impact of biomass burning on urban aerosols. Parametrization of the
sampling duration on FF and BB-affected periods by low (below 1.3) and high (above 1.3) AAE supports
the relative contribution of agriculture fires/residential BB to urban Moscow aerosol composition,
which is dominated by FF combustion. The BB functional marker reveals the pattern of carbohydrates,
alcohols, amines, alkanes, oxidized compounds, aromatic, nitrocompounds, and sulfates observed in
regional BB emissions. Air mass arriving in the Moscow area due to long-term transportation from
the south of Russia impacts the air quality of the city, especially when the direction of transportation
correlates well with fire-affected regions.

For the first time for the Moscow megacity environment, a factorial analysis such as principal
component analysis (PCA) was used complementary to FTIR. FTIR-PCA allowed the distinguishing
between daily aerosol composition according to high AAE, which identified BB spectral features
during BB-affected periods. Chemometric techniques discriminated day-to-day changes in a range
of major factors influenced by the aerosol composition. PCA analysis for FTIR data provided the
most significant variables in main PC loadings showing the functional factors of transport, biomass
burning, biogenic, dust, and secondary aerosol spring source impacts. Factor 1, explaining 57.7% of the
variability, demonstrated the highest impact of carbonates, polyaromatics from combustion emissions,
and BB-related sulfates following by alkanes, alkenes, esters/carboxylic acids, and C=C functional
marker related to diesel/gasoline transport. Factor 2 explained 21.1% of the variability; sulfates from
secondary aerosols dominated, while dust, carboxylic acids/ketones from transport, aldehydes in BB
emission, and sugars/alcohols/carbohydrates of biogenic sources explained the aerosol composition to
a large extend. Factor 3 explained 11.1% of the variability, revealing the biggest impact of sulfates and
dust carbonates, supported by the C=C marker of agriculture/residential fires. Based on the combined
FTIR-PCA analyses, it was suggested that traffic and biogenic emissions affected by biomass burning
were the dominating sources of particle-bound organic compounds in spring aerosols in the urban
background of the megacity environment.
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Abstract: Fine particulate matter (PM) originates from various emission sources and physicochemical
processes. Quantification of the sources of PM is an important step during the planning of efficient
mitigation strategies and the investigation of the potential risks to human health. Usually, source
apportionment studies focus either on the organic or on the inorganic fraction of PM. In this study
that took place in Patras, Greece, we address both PM fractions by combining measurements from a
range of on- and off-line techniques, including elemental composition, organic and elemental carbon
(OC and EC) measurements, and high-resolution Aerosol Mass Spectrometry (AMS) from different
techniques. Six fine PM2.5 sources were identified based on the off-line measurements: secondary
sulfate (34%), biomass burning (15%), exhaust traffic emissions (13%), nonexhaust traffic emissions
(12%), mineral dust (10%), and sea salt (5%). The analysis of the AMS spectra quantified five factors:
two oxygenated organic aerosols (OOA) factors (an OOA and a marine-related OOA, 52% of the
total organic aerosols (OA)), cooking OA (COA, 11%) and two biomass burning OA (BBOA-I and
BBOA-II, 37% in total) factors. The results of the two methods were synthesized, showcasing the
complementarity of the two methodologies for fine PM source identification. The synthesis suggests
that the contribution of biomass burning is quite robust, but that the exhaust traffic emissions are not
due to local sources and may also include secondary OA from other sources.

Keywords: source apportionment; Positive Matrix Factorization (PMF); AMS; chemical composition

1. Introduction

Atmospheric particulate matter (PM) has serious adverse effects on human health and the
environment [1–4]. PM originates from various emission sources but is also the product of gas-to-particle
processes in the atmosphere (secondary PM). The identification of the different types of PM sources
and the quantification of their contributions, including the role of natural and anthropogenic sources, is
a critical step in our efforts to reduce the PM effects on human health [5]. The process of identifying PM
sources is called source apportionment and there is a wide range of methods that have been proposed
based on the available measurements [6]. A widely used source apportionment approach is the use of
various types of source-receptor models [7–11]. Most receptor models are based on the assumption
that at the receptor site, the time dependence of the concentration of PM components originating from
the same source will be the same. The concentrations of the relevant PM chemical components are
measured in a large number of samples gathered at the receptor site over time. Components with
similar temporal variability are grouped together in a minimum number of factors that explain the
variability of the complete dataset. It is assumed that each factor is associated with a source or source
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type. Those factors can be considered as the chemical fingerprint of the PM sources and lead to their
identification. Positive Matrix Factorization (PMF) is one of the most useful source-receptor analysis
approaches [12]. PMF introduces a weighting scheme taking into account errors of the individual
measurements. Adjustment of the corresponding error estimates also allows it to handle missing and
below detection limit data. One of its major advantages compared to other approaches is that it obtains
only factors with positive elements using appropriate constraints.

Usually, source-apportionment studies focus either on the organic [13,14] or on the inorganic
components of PM [15,16]. To fully assess the particulate related pollution in an area, it is important to
examine the sources of both the organic and the inorganic fraction of PM. In the current study that
took place in Patras, Greece, we focus on both the sources of organic and inorganic fractions using
appropriate measurement techniques.

Greece is located in the Eastern Mediterranean, which is characterized as an air pollution hotspot
located at the crossroad of air masses coming from Asia, Europe, and Africa [17]. Forest fires and
agricultural burning emissions affect the area during the dry season, while the high radiation intensity
all year long and the relatively high temperatures enhance the formation of secondary PM. Patras is a
medium-sized city located in the northwest Peloponnese. Previous studies have shown that PM1 in
the area is composed mainly of OA (organic aerosols) 45% and sulfate 38% [18,19]. Transportation,
biomass burning (residential and agricultural), and shipping emissions have been found to be major
local sources in the past [8,20], but long-range transport is an important source, especially during
the summer, spring, and fall. Almost all of the sulfates and 40–90%, depending on the season, of the
organic aerosol are believed to be transported to the city from other areas [21]. However, the situation
in Patras and the rest of Greece has changed significantly during the last few years due to the financial
crisis. This has led to an apparent reduction of the emissions of some sources (transportation, industry),
but also to the increase of others (residential biomass burning). Organic aerosol (OA) and especially
residential wood burning, have dramatically increased due to the Greek financial crisis [22]. A 30%
increase in the PM2.5 mass concentration as well as a 2−5 fold increase in the concentration of wood
smoke tracers, including potassium, levoglucosan, mannosan, and galactosan has been reported for
the city of Thessaloniki [23], while the concentrations of fuel oil tracers (e.g., Ni and V), have declined
by 20−30%. One of the goals of the present study is to try to quantify these changes using recent
measurements and improved source-apportionment techniques.

2. Experiments

2.1. Experimental Design

The sampling site was located in a suburban area, around 7 km northeast of the city center
(38◦18′ N, 21◦47′ E) in the Institute of Chemical Engineering Sciences (FORTH/ICE-HT) and at an
elevation of 85 m above sea level. The sampling station is surrounded by olive trees, while the coast is
approximately 3 km away. The closest major road is found at a distance of 1 km. Sampling took place
from late October until the start of November 2018 and late February to June 2019.

The size-resolved chemical composition of the submicrometer aerosol (organics, nitrate, sulfate,
chloride, and ammonium) was monitored using a High-Resolution Time-of-Flight Aerosol Mass
Spectrometer (HR–ToF–AMS) from Aerodyne [24]. The sampled aerosol during this study was not
dried, while the vaporizer surface temperature was set at 600 ◦C. The HR–ToF–AMS measurements
were collected with a 3 min temporal resolution. The software toolkit SQUIRREL v1.57I (Sueper,
D, ToF-AMS Data Analysis Software) in Igor Pro (Wavemetrics) was used for all the HR–ToF–AMS
data analysis combined with the Peak Integration by Key Analysis (PIKA v1.16I package) (Sueper, D,
ToF-AMS Data Analysis Software) software. For the calculation of the elemental ratios measured by
the HR–AMS, the improved ambient approach was used [25].

A Super Speciation Air Sampling System Sampler (Met One SuperSASS) operating at a flow rate
of 6.7 L min−1 was used to collect PM2.5 samples every 24 h, both on PTFE (Whatman, PTFE, White

60



Atmosphere 2020, 11, 330

Plain, 0.2 μm × 47 mm) and on quartz (Pall 2500 QAO-UP 47 mm) filters The Super SASS sampler is
based on designs that have been field tested for several years in the US; eight years with three years of
testing in the EPA program. These filters were used for the measurement of the daily average PM2.5

mass concentration and its chemical composition. The PM2.5 mass concentration of each filter collected
was determined by gravimetric analysis using a six-digit microbalance at 35% relative humidity (RH).
Both sampling and gravimetric analysis were compliant with US EPA requirements. The PM2.5 mass
concentration measured at 35% relative humidity includes less water than measurements at higher
RH values.

The concentrations of organic carbon (OC) and elemental carbon (EC) were measured by
thermo-optical transmittance (TOT) analysis (Lab OC-EC Aerosol Analyzer, Sunset Laboratory, Inc.,
Tigard, Washington, DC, USA) [26]. Quartz filter samples were heated first up to 650 ◦C in He and then
up to 850 ◦C in a mixture of 2% O2 in He, using the controlled heating ramps of the EUSAAR2 thermal
protocol [27]. OC evolved in the inert atmosphere, while EC was oxidized in the He–O2 atmosphere.
A charring correction was applied by monitoring the sample transmittance throughout the heating
process. The limit of detection for the TOT analysis is 0.2 μg cm−2. Before sampling, the quartz fiber
filters were pretreated at 500 ◦C for 6 h to remove possible organic contaminants. Laboratory and field
blanks were collected and analyzed following the same procedures as those adopted for the samples.
The QA/QC procedures described in EN 16,909:2017 were followed during the OC/EC analysis.

A high energy, polarization geometry energy-dispersive XRF spectrometer (Epsilon 5 by
PANalytical, Almelo, the Netherlands) was used for the elemental analysis of PM2.5 samples. Epsilon
5 is constructed with optimized Cartesian-triaxial geometry composed of several secondary targets for
attaining lower spectral background and with extended K line excitation allowing it to operate the
X-ray tube at a high voltage of 100 kV. The secondary target-XRF spectrometer includes a side-window
low power X-ray tube with a W/Sc anode (spot size 1.8–2.1 cm, 100 kV maximum voltage, 6 mA current,
600 W maximum power consumption). A Ge X-ray detector detects the characteristic X-rays emitted
from the sample with 140 eV FWHM at MnKα, 30 mm2, and 5-mm thick Ge crystal with an 8 μm Be
window. The spectrometer used is equipped with eight secondary targets (Al, CaF2, Fe, Ge, Zr, Mo,
Al2O3, KBr, and LaB6) that can polarize the X-ray tube-generated incident radiation through Barkla
scattering. The methodology that was used for the elemental composition analysis is described in
detail elsewhere [8]. The 20 elements determined by the ED–XRF method were Na, Mg, Al, Si, S, Cl, K,
Ca, Ti, V, Cr, Mn, Fe, Co, Ni, Cu, Zn, Br, Sr, and Pb.

In total, 55 PM2.5 samples were collected for each filter type (Teflon and quartz). The sampling
campaign took place during five periods, October–November 2018 (12 samples), February–March 2019
(13 samples), April 2019 (10 samples), May 2019 (10 samples), and June 2019 (10 samples).

The AMS measurements cover the PM1 range while the filter samples and the corresponding
analysis were in the PM2.5 range. This small discrepancy in size ranges was unavoidable because of the
characteristics of the AMS used in this study. The AMS measurements are mainly used in this study
for the organic aerosol characterization and source apportionment. Given that most of the organic
aerosol in the PM2.5 is in submicrometer particles, this size discrepancy does not affect our conclusions
and the synthesis of the results from the two types of measurements.

2.2. PMF Analysis

The basic equation for the solution of the mass balance problem is common for all the utilized
multivariate receptor models, including PMF:

Xi j =

p∑
k=1

gik fkj + eij (1)

where Xij is the concentration of species j measured on sample i, p is the number of factors contributing
to the measured PM, fkj is the concentration of species j in factor profile k, gik is the relative contribution
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of factor k to sample i, and eij is error of the PMF model for the jth species measured in sample i.
The values of gik and fkj are adjusted until a minimum value of Q for a given p is found where Q is
defined as:

Q =
m∑

j=1

n∑
i=1

eij
2

sij2
(2)

where sij is the uncertainty of the jth species concentration in sample i, n is the number of samples, and
m is the number of species. Additional terms are added to the Q term in Equation (2) to make sure that
only non-negative solutions are obtained.

2.3. Trajectory Analysis and Long-Range Transport

To identify the origin of the various aerosol components, air mass back-trajectories arriving at
the site were analyzed by statistical methods. For the analysis of the back trajectories, the OPENAIR
package was used [28]. The trajectories were calculated using the National Oceanic and Atmospheric
Administration (NOAA) HYSPLIT 4.0 model [29,30].

In this study, 120 h (5 days) backward air mass trajectories arriving at the sampling site were
computed. Global data assimilation system (GDAS) meteorological files were used as inputs for the
backward trajectory computation. The backward trajectories were computed every three hours (ending
at 00:00, 03:00, 06:00, 09:00, 12:00, 15:00, 18:00, and 00:00 UTC) for each day of the period of study at
500 m above ground level. The measured concentration of the PM component during the sampling
period was assigned to all trajectories during that period.

To identify the possible position of sources that are affecting the concentration of PM chemical
components measured, the Potential Source Contribution Function (PSCF) [31] was calculated. The
PSCF is calculated as:

PSCF =
mij

nij
(3)

where nij is the number of times that the trajectories passed through the cell (i, j) and mij is the number
of times that a source concentration was high when the trajectories passed through the cell (i, j). The
criterion for determining mij is based on the distribution of the measured values (e.g., upper quartile).

3. Results

3.1. PM2.5 Chemical Composition

The average PM2.5 concentration measured was 12.4 ± 6.4 μg m−3 (Table 1). The highest average
concentration was observed during October–November 2018 (14.8 μg m−3) followed by March 2019
(14.3 μg m−3). The lowest PM2.5 concentrations were recorded during April and May 2019, with
average concentrations of 8.3 and 9.5 μg m−3, respectively.

Table 1. Average PM2.5 mass concentration and composition during the study (all in μg m−3).

PM2.5 EC OC Na Mg Al Si S Cl K Ca

Average 12.40 0.38 2.85 0.35 <0.10 0.29 0.71 0.92 0.12 0.17 0.10

Standard
Deviation 6.46 0.20 1.63 0.27 - 0.29 0.64 0.47 0.31 0.14 0.13

Ti V Cr Mn Fe Ni Cu Zn Br Sr Pb

Average 0.02 <0.01 0.01 0.02 0.10 0.02 0.06 0.05 <0.05 <0.05 0.04

Standard
Deviation 0.02 - 0.00 0.00 0.11 0.01 0.03 0.05 - - 0.01

The average OC and EC concentrations were 2.85 and 0.38 μg m−3. To calculate OA from
OC concentration, the PM1 OA/OC was determined based on the AMS measurements and found
to be equal to 2.25. This ratio was then used for the conversion of the PM2.5 OC to OA. The OA
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represented on average 52% of the PM2.5 concentration with the EC contributing another 3%. When
compared to results from other Greek cities, these concentrations are comparable to the ones reported
for the Athens suburbs [26] and lower than those reported for urban and traffic sites in Athens and
Thessaloniki [26,32,33]. Recent studies conducted in another European city, Lisbon, Portugal, have
also reported higher concentrations of OC and EC (4.02 and 6.61 μg m−3 respectively) [34]. The highest
average OC concentrations were recorded during November 2018 (3.77 μg m−3) and March 2019
(4.19 μg m−3). These two months also had the highest EC levels with averages of 0.6 and 0.59 μg m−3,
respectively. The average OC/EC ratio was 7.5, suggesting relatively low contribution from traffic
emissions [26]. In general, the OC/EC ratio values reported for other European cities show OC/EC
ratios of less than 2 at curbside sites, 2–9 at urban background sites, and increase with decreasing fresh
anthropogenic emissions, reaching values above 10 at rural sites [33,35].

Fifteen elements had concentrations consistently higher than the detection limit (Table 1). Sulfur
had the highest average concentration at 0.92 μg m−3. Assuming that all was in the form of sulfate, it
represented 22.2% of the PM2.5. Silicon, sodium, aluminum, potassium, chloride, calcium, and iron
also had relatively high average concentrations.

3.2. PM2.5 Source Apportionment

Six factors (Figure 1) were identified by the EPA PMF model using 55 samples and the 17 aerosol
components shown in Table 1. No species were down-weighted. Because the number of samples
used was close to the lower acceptable limit for PMF analysis, the solution was thoroughly evaluated
to make sure that the overall and rotational ambiguity uncertainties were low. The low number of
samples may have limited the number of identified sources and also increased the uncertainty of the
analysis [36]. The number of factors was decided after the investigation of a range of possible solutions
starting from four factors up to nine. Six factors were found to be the highest number of factors with a
physical meaning, and resulted to the lower unaccounted mass estimation. The differences between
Qtrue and Qrob and also between Qtrue and Qthe were less than 5%. One hundred simulations were
performed and the differences in scaled residuals between the different simulations were very low.
The results of the diagnostic tools offered by EPA PMF revealed that the solution was robust with
low rotational ambiguity. Bootstrap results indicated that the factors were reproduced at a minimum
level of 85% of the produced resamples, while displacement and bootstrap-displacement showed no
factor swaps for the minimum dQ level. The PM mass reconstruction was satisfactory. The R2 between
modeled and measured PM2.5 mass was 0.75 and the slope equal to 0.97. The composition of the six
factors and the contribution of each factor to the concentration of each species are shown in Figure 1.

Factor 1 is characterized by the relatively high levels of Cu, Zn, Pb, Cr, Mn, Fe, and EC. All these
elements are known to originate from the mechanical abrasion of different moving parts of the vehicles,
such as tire and brake-wear, as well as the use of lubricant oils [37,38]. This factor was therefore
assigned to non-exhaust transportation emissions. The average contribution of this source to PM2.5

was 12% (1.4 μg m−3).
Factor 2 is attributed to biomass burning because it is characterized by the relatively high levels of

EC, OC, and K in the factor. The presence of tracers like Cr, Zn, and Pb in this factor may indicate
some mixing with other sources. Since the contributions of these tracers in the factor profile are small,
these mixing uncertainties should have only a minor effect on the estimated factor concentrations. The
average contribution of the source to PM2.5 is 15% (1.9 μg m−3). Contribution of biomass burning was
found to be higher than the contribution reported for the same site in 2011 (11%), which might be an
effect of the economic crisis in Greece.
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Figure 1. Factor profiles obtained by Positive Matrix Factorization (PMF) using the EC, OC, and
elemental concentrations. The bars represent the normalized concentration of the species in the profile
and the circles show the contribution of the source to the average species concentration.

The contribution of this factor was quite high during the high PM2.5 periods of November 2018
and March 2019 (Figure 2). This was probably due to the burning of agricultural waste (mainly olive
tree branches), but also to some domestic heating (fireplaces and woodstoves). PMF cannot separate
agricultural burning from residential burning since their chemical profiles are very similar to each
other. Some additional insights about the contributions of these two sources (agricultural burning
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versus residential heating) may be obtained from the analysis of the temporal profiles of the OA
concentrations based on the AMS measurements. These will be discussed in a subsequent section.

 

Figure 2. Daily average source contributions to PM2.5 (μg m−3) determined by PMF of the elemental
composition and OC/EC levels.

Factor 3 is characterized by high levels of OC and EC and assigned to transportation exhaust
emissions. Some elements originating from non-exhaust emissions, such as Cr, Mn, Cu, and Pb, are
also present in the factor, but their contribution to the overall mass concentration is minor. The average
contribution of this factor to PM2.5 is 13% (1.6 μg m−3) during the study period. The contribution is
relatively stable, something expected given the lack of a seasonal pattern for these emissions.

Factor 4 is identified as sea salt and characterized by the presence of Na and Cl. Ni is also present in
the factor, which might be an indication that this factor also includes some shipping emissions. Previous
studies conducted in Patras have estimated that shipping emissions contributed approximately 4% to
PM10 [8]. The concentration of vanadium, a good tracer of shipping emissions, was below the detection
limit for a large number of samples, and could not be used reliably as a tracer in the PMF analysis. The
average contribution of this marine source to PM2.5 was 5% (0.6 μg m−3). The high sea salt contribution
observed on 19 May might be associated with high sea breezes or favorable meteorological conditions
for sea salt generation and transport to the site.

The next factor (Factor 5) is characterized by the high contribution of sulfur and is identified as
secondary sulfate. EC, Ni, and Na are also present in this factor, indicating that it may also include
some contribution from shipping emissions. The combustion of residual oil used for shipping will
produce particles containing V and Ni. Vanadium reacts with the oxygen from the combustion air
surplus creating V2O5 that form layers on the heat exchanger and other boiler and stack surfaces. The
V2O5 acts as a catalyst accelerating the SO3 formation, and therefore sulfate formation [39]. This factor
has the highest contribution of 34% (4.2 μg m−3) to the average PM2.5 in the area. Its contribution can
be compared with the concentration of 3.8 μg m−3 for sulfate, based on the measured sulfur.

Factor 6 is identified as mineral dust, and it is characterized by Al, Si, Ca, Ti, and Fe. All of these
elements are related to mineral dust. The average contribution of the factor is 10%, and it contributes
1.3 μg m−3 to the average PM2.5. This is lower than the contribution of the sum of oxides above (19%),
something reasonable given that some of the elements used for the calculation of the sum are attributed
by PMF to sources other than mineral dust. This sum of oxides can be thus viewed only as an upper
limit of the mineral dust contribution. The contribution of mineral dust was high on 11/01, 06/08, and
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06/14. For those days the HYSPLIT backward trajectories indicated dust transport events from Africa.
These Sahara dust events are common to Southern Europe in general and in Greece in particular [40].

The uncertainty of the solution was thoroughly evaluated using standard methods of the PMF
analysis, since the number of samples used was relatively low. The results of the uncertainty analysis can
be found in the Supplementary Material (Text S1 and Table S1). The unaccounted mass concentration
was 1.4 μg m−3, which corresponds to 11% of the total PM2.5 mass. This is indicative of the order of
magnitude of the uncertainty of our analysis.

3.3. The Role of Long-Range Transport

To identify if the high-intensity events for the mineral dust, secondary sulfate, and sea salt
factors were related to long-range transport, the PSCFs of their source contributions for the highest
15% concentrations were computed (Figure 3). The corresponding maps show the probability that a
trajectory passing through the site was associated with one of the highest (top 15%) concentrations
of the factor in the receptor. Sea salt during the high concentration period appears to have been
transported to the sampling site from the Mediterranean Sea to the west. This is reasonable given that
this factor should have a marine origin. The high concentrations of sulfates, on the other hand, were
associated with transport from northwestern and northern Turkey, as well as the Black Sea region.
There are a number of lignite-fired power plants with high emissions of SO2 in that area [41]. Emissions
from the same areas were found to affect the concentrations of sulfates in different locations of Greece
in the past [18].

Figure 3. Potential Source Contribution Functions (PSCFs) for the 85th percentile of (A) sea salt, (B)
secondary sulfate, and (C) mineral dust factors.

Finally, the highest concentrations of mineral dust appear to have been related to transport from
northern Africa. These Saharan dust events are known to affect Greece [15,40,42], as well as other
areas in Southern Europe [43,44]. It should be noted that our PSCF results help identify source areas
that contribute to the highest concentrations. Of course, there are also local contributions to the
corresponding concentrations.
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3.4. Nonrefractory PM1 Chemical Composition

The average concentrations of the major nonrefractory PM1 (NR-PM1) components during the
measurement periods are presented in Table 2. The average total NR-PM1 concentration during
the sampling campaign was 7.7 μg m−3 ranging from 0.3 to 26 μg m−3 on an hourly average basis.
The lowest NR-PM1 mass concentration values were recorded during May 2019 with an average
concentration of 3.8 μg m−3. The highest concentrations were measured during the October–November
2018 period with an average NR-PM1 concentration of 9.9 μg m−3.

Table 2. Average concentrations of nonrefractory PM1 (NR-PM1) components for the sampling periods.

Ammonium
(μg m−3)

Sulfate
(μg m−3)

Organics
(μg m−3)

Nitrate
(μg m−3)

Chloride
(μg m−3)

NR-PM1

(μg m−3)

October–November 2018 1.2 3.7 4.7 0.24 0.05 9.9

February–March 2018 0.95 2.5 4.7 0.45 0.09 8.7

April 2019 1.04 2.8 4.2 0.22 0.03 8.3

May 2019 0.6 1.6 1.6 0.09 0.02 3.8

June 2019 0.96 2.7 3.1 0.1 0.01 6.9

Average 0.96 2.7 3.7 0.23 0.04 7.7

Organics (49%) and sulfate (35%) were the two major components of NR-PM1, followed by
ammonium (13%) and nitrate (3%). These results are in general consistent with those from the analysis
of the PM2.5 filters considering the differences in the size ranges (PM2.5 and PM1) and also the fact
that the AMS does not measure the refractory PM components. OA was highest during November
and March 2019, reaching hourly values as high as 20 μg m−3. Ammonium was present in sufficient
concentrations to neutralize sulfate and had an average concentration of 0.96 μg m−3.

The nitrate concentration was relatively low with an average of 0.23 μg m−3 with the highest
levels during the February–March period (0.45 μg m−3). Some of the differences between the PM2.5

and the NR-PM1 are due to the fact that elements like chloride often exist mainly in the 1–2.5 μm size
range (in reality in the coarse mode) and are therefore part of the former and not the latter [45].

The average diurnal profiles of the OA during the sampling periods are shown in Figure 4. During
May 2019, the OA concentrations are the lowest with a rather flat diurnal profile.

Figure 4. Average diurnal profiles of the OA during different periods of the study based on the Aerosol
Mass Spectrometer (AMS) measurements.
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This suggests that they are mainly the result of long-range transport with small contributions
of local sources or local production. The high concentrations of OA during October–November had
a peak of around 6 μg m−3 at 17:00 and a minimum of around 4 μg m−3 in the early morning hours.
During February–March, the high OA concentrations were during the night (from 18:00 to midnight),
reaching a maximum of around 7 μg m−3 at 22:00 LT. The OA during June peaked at 10:00 in the
morning while in April there was a morning peak at 9:00 and an afternoon peak at 18:00. These
different patterns indicate the different sources and processes affecting the OA during different periods
of the year and will be discussed further in the next section using the AMS spectra.

Additional insights about the contribution of biomass burning to the OA can be gained by
examining the behavior of the m/z 60 (levoglucosan-related marker) in the AMS spectrum. The m/z 60
is a tracer of biomass burning OA and its diurnal average profile for the various periods of the study is
shown in Figure 5. For May and June, the m/z 60 values are low and the diurnal profile is flat indicating
that local biomass burning was not a major source of PM1. However, there is some regional biomass
burning influence. In contrast, for the other periods (fall, winter, and spring) the m/z 60 has a notable
diurnal cycle, with two peaks, one during the morning (9:00–11:00 LT) probably connected to local
agricultural burning, and a second one during the evening.

Figure 5. Diurnal variation of m/z 60 (related to levoglucosan), a tracer of biomass burning, in μg/m3.

The evening peak moves from the late afternoon (16:00–18:00 LT) during the spring and fall
to the evening (23:00 LT) during the winter. This is consistent with agricultural burning being a
significant source during the spring and fall, while residential heating increases in importance during
the winter [22]. The diurnal AMS profiles add valuable information about the location of the biomass
burning activities and some information about its sources that is not available from the analysis of the
daily filters.

The O:C atomic ratio of the OA provides information both about its sources but also the processes
influencing its concentration and chemical composition. The OA was in general quite oxidized (O:C
equal to 0.82 on average) (Figure 6), a sign of important contributions of both long-range transport
(aged OA) and secondary OA formation.
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Figure 6. Diurnal variation of O:C of the organic aerosol based on the AMS measurements for the
different periods of the study.

The lowest O:C values were observed for the February–March period with an average value of
0.73. The O:C peaked during the early morning (7:00 LT) at 0.79 and reached its minimum of 0.65 in
the early evening (18:00). The highest average O:C of 0.91 was recorded during April. During this
period, the O:C peaked during the afternoon (15:00 LT), a period associated with local photochemistry
and at 4:00 LT. This second peak is more difficult to explain as it may be due to a reduction of local
emissions of fresh, less oxygenated OA but also due to transport of more oxidized OA. The behavior of
O:C during May and October–November was quite similar to that during April but with a little lower
O:C value. Finally, the O:C during June also exhibited the two peaks (at 5:00 and 15:00 LT) but with
even lower O:C values (the average was 0.77).

The density of OA was estimated using the Kuwata et al. equation [46] and the AMS O:C and
H:C measurements, and was found to average 1.47 ± 0.09 g cm−3.

3.5. Sources of OA

PMF was applied to the high-resolution AMS organic mass spectra (m/z up to 200) for all the
sampling periods. The determination of the PMF solution was based on the comparison of the
spectra of the calculated factors to those of the literature, their physical meaning, their diurnal cycles,
the correlation of the factor’s resulting time series with each other, and many other variables. The
PMF resulted in a five-factor solution, including two oxygenated OA factors (an OOA, 30% and a
marine-related OOA, 22%), a cooking OA (COA, 11%), and two biomass burning OA factors (BBOA-I,
19% and BBOA-II, 18%). The corresponding factor profiles are presented in Figure 7.

The two biomass burning OA factors contributed on average 37% to the total OA. Given that OA
was approximately half of the NR-PM1, biomass burning was responsible for 19% of the NR-PM1 based
on the analysis of the AMS data. This is quite consistent with the 17% contribution of the biomass
burning to the PM2.5 estimated from the analysis of the filter samples. This contribution was quite
variable, ranging from 57% during the February–March period to 16% during June (Figure 8). The
different chemical composition of the two BBOA factors was probably due to a combination of different
sources and different atmospheric processing (chemical aging). The BBOA-I factor was responsible for
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more than 75% of the BBOA during the spring and summer, approximately half of the BBOA during
February–March, and just 13% during the fall.

Figure 7. Source profiles of OA factors determined by PMF of the AMS organic spectra.

Figure 8. Average contributions of the various OA factors to total OA for the different sampling periods.

The cooking OA factor contributed approximately 10% to the average OA from 6% to 17% of the
OA depending on the sampling period. The maximum fractional contribution was recorded during
May (17%) and minimum (6%) during April.

Most of the OA, according to the analysis of the AMS results, was oxygenated OA representing
on average approximately half (52%) of the OA in the site. This oxygenated OA was either fresh
secondary OA or aged primary and secondary OA transported to the site from other areas.
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The OOA dominated the OA composition during the warmer months: 73% of the OA during
June, 63% during May, and 62% during October–November. It represented 44% of the OA during April
and 29% in February–March. This is consistent with its photochemical source. One of the two OOA
factors resolved by PMF had contributions at m/z 64 and 80 (Figure 7), associated with marine OA and
more specifically methanesulfonic acid (MSA) [47]. MSA is a product of the atmospheric oxidation of
dimethyl sulfide (DMS) emitted by marine phytoplankton. This marine OOA was 40–60% of the total
OOA during all periods with the exception of June, when it dropped to 20% of the OOA.

The average diurnal variations of all factors during the study are depicted in Figure 9. The OOA
factor is the major contributor to PM1 with OA peaking at 12:00–14:00 LT. The second OOA factor
peaks a little later at 16:00–17:00 LT. The behavior of both factors is consistent with the photochemical
origin. Both BBOA-I and BBOA-II have a daytime peak (9:00–10:00 LT) and a second one at night
(18:00–19:00 LT).

 

Figure 9. Diurnal variation of OA factors determined by the AMS analysis for the whole study period.

The COA factor has several small peaks throughout the day (10:00, 13:00, 17:00, and 22:00 LT).
Some of them are related to Greek cooking hours, but some are not. The COA factor may also include the
OA from local transportation, which was not identified by the PMF analysis of the AMS measurements.
A hydrocarbon-like OA (HOA) factor was not identified even when we tried a six-factor solution. The
COA factor AMS spectrum was quite similar to the others in the literature. As a consistency check, this
factor reached high concentrations levels (around 8 μg m−3) during noon and the early afternoon of
Fat Thursday, (28 February 2019) a day during which grilling meat is practiced throughout the city.

4. Conclusions

In the current study that took place in a suburban area of Patras, Greece, we quantified the sources
of fine PM and its components based on both the elemental composition and EC/OC of the PM2.5,
but also the sources of OA based on the high-resolution AMS spectra. The study covered periods
during the whole year (from October 2018 to June 2019). The PM2.5 levels were modest with an average
concentration of 12.4 μg m−3. The highest average PM2.5 was recorded during October–November
(14.8 μg m−3) and the lowest during April (8.3 μg m−3).

Organics were the dominant PM component representing approximately 50% of both the PM2.5

and the nonrefractory PM1. Sulfates were the second most important component representing 35% of
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the NR-PM1 (based on the AMS) and approximately 25% of the PM2.5 (based on the XRF analysis of
the filter samples). Ammonium was 12.6% of the NR-PM1 and nitrate levels were quite low, just 3% of
the NR-PM1. The average EC was 0.38 μg m−3 contributing 3% to the PM2.5. The concentrations of 14
additional elements were quantified in the PM2.5 samples. Several of these components were expected
to be mostly in the coarse PM mode and to contribute a lot more to PM2.5 (where the lower tail of the
coarse mode is found) than to PM1.

The positive matrix factorization of the PM2.5 elemental composition together with the OC/EC data
suggested six sources during the study period: secondary sulfate (34% of the PM2.5), biomass burning
(15%), nonexhaust traffic emissions (12%), exhaust traffic emissions (13%), mineral dust (10%), and sea
salt (5%). The PSCF analysis suggested that the high concentration periods of secondary sulfates were
related to long-range transport of from northern and northwestern Turkey and the Black Sea region,
of mineral dust transported from the Sahara, and of seasalt transported from the Mediterranean to
the west of the site The relatively low number of filter samples increased the uncertainty of our PMF
analysis. The unaccounted PM2.5 mass concentration was 1.4 μg m−3, which corresponds to 11% of
the total.

The PMF analysis of the OA AMS mass spectra supported the importance of the biomass burning
source. Two biomass burning OA factors were identified, contributing 37% on average to the PM1

OA. Given that OA was approximately half of the PM2.5, this estimate is consistent with that of the
PMF, based on the elemental analysis. Both approaches suggested that the contribution of biomass
burning was high during many of the high PM2.5 mass concentrations periods. Burning of agricultural
waste and residential burning for heating contributed to the corresponding PM. Based on the diurnal
profiles of the factors, agricultural waste burning was more prominent during the fall and spring,
while residential burning increased in importance during the winter. The two factors identified may
be due to different BBOA sources or a different degree of atmospheric processing (chemical aging).
This should be investigated in future work.

The analysis of the AMS spectra suggested that approximately half of the OA was oxidized. Part
of this OA was secondary and part was due to the oxidation of semivolatile primary OA emissions
coming to the site from other areas. A part of the oxidized OA also included MSA, suggesting
that it was also influenced by marine sources. This marine OOA should also be investigated in
the future. Approximately 11% of the PM1 OA was due to cooking. The OOA and COA factors
represented on average 62% of the OA, based on the AMS and they were not directly identified by the
PMF of the elemental analysis, which included most of the OA in a factor traditionally attributed to
nonexhaust transportation emissions. Interestingly, the analysis of the AMS data could not identify a
fresh transportation OA factor (usually called hydrocarbon-like OA or HOA). The AMS analysis has
difficulties in identifying sources that contribute less than 10% of the OA, so the HOA was probably
low and was included in the COA but also in the BBOA or OOA factors. One possible explanation
for the apparent difference in the predictions of the two methods is that a lot of the OOA was due
to transportation sources, but not from the area of the study. If it was due to transport from other
areas, there should have been enough time for the production of secondary OA from volatile and
intermediate volatility organic compounds, but also for the oxidation of the semivolatile components
of primary OA. A second explanation is that this factor characterized as nonexhaust transportation in
many studies is not mainly due to transportation in this case, but rather is mostly secondary OA with
some contributions from transportation. This is an important finding of this work that clearly deserves
additional attention in future studies.

This study showcases the importance of using data for both the organic and inorganic components
of PM to fully assess their sources. The next step should be the combination of that information into
one single dataset, which might lead to the identification of more source-specific chemical profiles
that assist in identifying and quantifying PM sources with higher accuracy. Inclusion of additional
information such as PM size distribution could also be helpful.
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Abstract: Quantification of suspended particulate matter (SPM) measurements—together with
statistical tools, polar contour maps and backward air mass trajectory analyses—were implemented
to better understand the main local and remote sources of contamination in this pristine region. Field
campaigns were carried out during the austral summer of 2016–2017 at the “Gabriel de Castilla”
Spanish Antarctic Research Station, located on Deception Island (South Shetland Islands, Antarctic).
Aerosols were deposited in an air filter through a low-volume sampler and chemically analysed using
Inductively Coupled Plasma-Mass Spectrometry (ICP-MS) and Inductively Coupled Plasma-Atomic
Emission Spectroscopy (ICP-AES). Elements such as Al, Ca, Fe, K, Mg, Na, P, S, Cu, Pb, Sr, Ti, Zn,
Hf, Zr, V, As, Ti, Mn, Sn and Cr were identified. The statistical tools together with their correlations
(Sr/Na, Al/Ti, Al/Mn, Al/Sr, Al/Pb, K/P) suggest a potentially significant role of terrestrial inputs for Al,
Ti, Mn, Sr and Pb; marine environments for Sr and Na; and biological inputs for K and P. Polar contour
graphical maps allowed reproducing wind maps, revealing the biological local distribution of K and
P (penguin colony). Additionally, backward trajectory analysis confirmed previous affirmations and
atmospheric air masses following the Antarctic circumpolar pattern.

Keywords: Antarctic region; Deception Island; atmospheric aerosols; particulate matter; statistical
tools; backward trajectories; polar contour maps

1. Introduction

The Antarctic region is considered to be one of the most virgin, isolated and remote areas globally.
The Antarctic is a polar desert and acts as a global thermostat, controlling the global climate system.
Nevertheless, although this area is well distanced from continental regions, anthropogenic aerosol
pollution from remote and local sources negatively affects the Antarctic environment [1]. Besides,
a growing number of tourists visit Antarctica every year. Port Foster, situated in the caldera of
Deception Island, is the second most-visited site in this continent, with more than 20,000 visitors in the
2016–2017 austral summer season [2].

Atmospheric aerosols act as climate drivers, since they are involved in the radiation balance of
the Earth [3] and the formation of clouds [4]. However, aerosol studies regarding their origin and
interactions are still limited and unclear [5]. Aerosols are produced by natural sources (sea, earth
erosion, biogenic emissions, volcanoes, etc.) and anthropogenic sources (fossil fuel combustion, mining,
agriculture, etc.), negatively affecting the Antarctic’s air quality and ecosystems. Thus, it is important
to study them and their impacts on the environment [6].
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Atmospheric aerosols have a typical lifetime of one day to two weeks in the troposphere [5]. They
transform their size and distribution as they evolve [7], affecting remote places such as the Antarctic [8].
Particulate Matter (PM) transport depends on the wind and meteorological conditions [9,10]. This is
important, since the Antarctic region is known for being a trap for aerosols from other places [11].

Air mass back trajectories are precise tools used for investigating the source of the pollutants [12]
by estimating the flow patterns of air arriving at the sample collection point. Back trajectory analyses
allow for the tracking of the source of aerosols emissions. Long-distance back trajectories are influenced
by physical and chemical processes (e.g., deposition and advection), while short-distance trajectories
are influenced by emission source zones [13]. However, position inaccuracies of up to 20% of the travel
distance can exist [14]. As much as 30% of chemical variability in the troposphere can be associated
with transport [15].

Through multivariate analysis, Pérez-Arribas [16] studied a large set of air quality data, aiming to
identify elemental correlations and their shared origin. Modelling relationships are important tools to
study the relationships between different analytical data, allowing the reproduction of temporal and
spatial variations [17,18].

Chemical PM composition has been previously studied in the Antarctic [19]. Nevertheless, despite
the importance of PM origin, limited publications using air mass back trajectories exist regarding the
Antarctic region [20–22].

The aim of this study is to gain better insight into the potential natural or anthropogenic sources of
the measured particulate matter composition and concentration, through air mass back trajectories and
polar contour maps. Furthermore, a combination of statistical and graphical approaches is proposed to
establish the relationship between the elements and their concentration, in order to reveal the influence
of marine environments, human-made activities and penguin colonies on the Antarctic region.

2. Materials and Methods

2.1. Site Description and Sampling

The site description, sampling procedure, and methodology used in the present work, along with
the most significant experimental conditions, have been previously described elsewhere [6]. Thus,
only the more relevant information to this study is presented here. Atmospheric aerosol particles
were collected during the austral summer (from December 2016 to February 2017) at Deception Island
(Figure 1), at the Spanish Antarctic Research base “Gabriel de Castilla” (62◦58′09” S, 60◦42′33” W).
A total of 37 samples were collected in circular quartz filter paper of 47 mm diameter (Munktell) by
a Derenda LVS 3.1 low volume sampler (2.3 m3/h), and after 24 h, were placed by hand into sterile
Petri dishes using sterile tweezers and nitrile globes. Mass concentration was obtained by gravimetry
following the European Norm [23]. Additionally, soil samples were taken from the area of interest.
After the gravimetric analysis, Hf, Zr, V, As, Ti, Mn, Cu, Sn, Zn and Pb were determined using
Inductively Coupled Plasma-Mass Spectrometry (ICP-MS) and Inductively Coupled Plasma-Atomic
Emission Spectroscopy (ICP-AES), as previously described in another publication [6].

2.2. Data Processing

Correlation analysis is a statistical method used to provide information about the relationship
between elements that form the air PM by means of a mathematical model. Zhu [24] studied the
sources of chemical constituents using multidimensional analysis. The study established correlations
between the elements in aerosols. Additionally, a principal component analysis (PCA) was used as an
element position simplification tool. Pérez-Arribas [16] adopted PCA to allow a group of correlated
data to be transformed into a reduced coordinate system. In this study, Statgraphics Centurion 18,
version 18.1.06 of 64-bits (Statpoint Technologies, Warrenton, VA, USA) was used for executing the
correlation analysis and the principal component analysis (PCA).
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Figure 1. Map of Deception Island with the location of Gabriel de Castilla Spanish Antarctic Research
Station. The red circle point indicates the position of the research base.

2.3. Polar Contour Maps

OriginPro 2017, 64-bit (OriginLab Corporation, Northampton, MA, EEUU) was used for studying
data relationships through Polar contour maps. These were used as an effective tool for local data
visualization. The use of wind direction and speed provided an easy and useful plot of air-pollutants
sources. The wind speed is displayed on the x-axis, wind direction on the y-axis of the angle (the
radius in degrees), and concentration on the z-axis.

2.4. Air-Mass Back Trajectories

Aiming to distinguish potential remote natural and anthropogenic sources at the sampling location,
ten days of air-mass backward trajectories were implemented for an endpoint 600 m above ground
level (AGL). This height was selected since the mountainous island has a circular form, and the
highest altitude (Mount Pond) is 542 m. In this study, diverse models were used to calculate backward
trajectories. Nevertheless, Cabello and Harris [25] pointed out that there are discrepancies between
trajectories obtained with different models and different vertical transport methods. The trajectories
were calculated with the NOAA HYSPLIT4 (Hybrid Single Particle Lagrangian Integrated Trajectory)
model [12,26]. GDAS 1 degree (Global Data Assimilation System) meteorological data from the
National Weather Service’s National Centre for Environmental Prediction (NCEP) were chosen as
the best appropriate trajectory model over those that did not cover the investigated region and had
lower-resolution. GDAS has been widely used to perform backward air trajectories in locations other
than the Antarctic region [27–30].

3. Results and Discussion

3.1. Statistical Description of the Data Normality Tests

Particulate matter results show an average of 10 ± 4 μg/m3. This value is similar to those found
in low population density areas and places such as the Southern Ocean (13.4 μg/m3; [31]). However,
this result differs from other values found on the Antarctic coast with an average of 1.5 μg/m3 or
3.4 μg/m3 [32,33]). The statistical analysis result of total particulate matter (PM10) is shown in Table 1.
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The results show a great variability between the sampling days, ranging from 2.9 to 28.2 μg/m3 with a
variation coefficient of 76.4%. The variability is explained by the singular shape of Deception Island
(mountainous horseshoe). This peculiar shape keeps aerosols in the air for an extended period of time.

Table 1. Particulate matter (PM) statistical summary together with central tendency, variability, and
distribution form.

Total Particulate Matter (μg/m3)

Date PM10 (μg/m3)

28 December 2016 6.1

30 December 2016 28.2

01 January 2017 21.7

07 January 2017 8.1

21 January 2017 12.2

22 January 2017 2.9

23 January 2017 9.4

01 February 2017 4.3

08 February 2017 3.8

14 February 2017 2.9

17 February 2017 4.7

23 February 2017 12.1

24 February 2017 19.5

25 February 2017 7.4

26 February 2017 6.0

PM10 Statistical Overview

Number of samples 15

Average 9.95

Standard deviation 7.60

Coefficient of variation 76.4%

Minimum 2.9

Maximum 28.2

Range 25.3

Standard Skewness 2.1299

Standard Kurtosis 0.8392

Both standard skewness and standard kurtosis can be used to determine if the sample has a
normal (Gaussian) or different statistical distribution. In general, statistical values outside the range of
−2 to + 2 indicate significant deviations from normality, which would tend to invalidate many of the
statistical procedures that are usually applied to these data.

It can be seen in Table 1 and Figure 2 that the distribution of PM10 data indicates a certain
asymmetry, although not well above the critical value of two. Positive asymmetry is usually an
indication of a logarithmic-normal or lognormal type of distribution of data. To verify this possibility,
the Kolmogorov–Smirnov test was carried out, with the P-value estimated for a possible lognormal
distribution of 0.9983 and 0.6100 estimated for the normal one. Seeing as the two probability values
calculated are above the level of usual significance (α= 0.05), both statistical distributions are statistically
valid. However, as can be seen in Figure 2, the lognormal distribution is better suited to the PM10 data
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obtained. Figure 2 shows a representation of the distribution of number of days (frequency) and PM
concentration (μg/m3).

 

Figure 2. Histogram of normal and lognormal statistical distribution for the total particulate material
obtained during the 2016–2017 field campaign. Frequency indicates the number of days.

Once the general PM statistical behaviour was studied, the same procedure was applied to the
different pollutants found in PM10. Specific elements found in the aerosol also showed great variability
between different sampling days. However, this variability was not homogeneous for all of them, as
shown in Table S1 (Supplementary Materials).

Most of the elements have variation coefficients between 100% and 50%, similar to the PM10
variation coefficient of 76.4%. However, some elements show variation coefficients which are very
different and higher than this value. Airborne PM is often affected by different climatic conditions
(wind direction, speed, humidity, precipitation, etc.). This implies that, generally, the behaviour of
PM composition follows the same trends, but this does not occur for some elements such as; P, K and
Sn, with coefficient of variation (C.V.) of 249%, 169.9% and 124.5%, respectively; and for Cu and Fe,
with C.V. of 112% and 102%, respectively. This means that these elements may be related to emission
sources relatively close to the collection place and possibly very localized, probably due to very intense
emission sources. Generally, this situation occurs when the distribution changes from normal or
Gaussian statistical behavior, to strong positive asymmetry (lognormal distribution). In the case of K
and P, its Kolmogorov–Smirnov test is shown in Table 2 compared to their Gaussian distribution.

Table 2. P-values obtained for P, K and Cu in PM10 after Kolmogorov–Smirnov test.

Lognormal Normal

Phosphorus 0.806278 0.0123709

Potassium 0.735451 0.0267816

Copper 0.288687 0.315736

In both cases, the P-value for a normal distribution is <0.05, indicating that the contents of K
and P in the particulate material are not distributed over the sampling days according to a Gaussian
model, and that the lognormal distribution model is much more suitable to describe the behaviour
of these major elements. Regarding the trace elements found in the Antarctic aerosol, Cu shows
marked positive asymmetry, although in this case, its distribution over the days of sampling can be
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explained both by a normal model and by a lognormal model, since the fit tests show P-value > 0.05 on
both models.

3.2. Correlation Analysis

Aiming to explore the chemical/environmental associations among the elements found in the
PM10, correlation analysis has been carried out. A statistically significant correlation between elements
indicates a common origin of both, so if the source of one of them is identified, it can be presumed
that the other comes from the same source of emission. Statistically significant correlations were
found between the major constituents in the PM10 [6] and in the case of the elements present at trace
levels, 6 significant correlations were found between them [21]. However, it is unknown if some trace
elements are correlated to any of the major components. Table S2 (Supplementary Materials) shows
the analysis of correlations corresponding to the elements found in the aerosol during the campaign.
Those elements that show significant correlation (P-value < 0.05) are shown in shaded cells.

As Table S2 (Supplementary Materials) shows, there is a very significant correlation between Sr
and Na (Pearson = 0.9873 and P-value < 0.0001). Since the main source of Na in the particulate material
is marine aerosol, this implies that Sr also has a marine origin. The remaining trace elements do not
show a significant correlation with Na, so the marine origin of these elements is discarded. Moreover,
Al is a characteristic element of the earth’s crust. Al and Ti have a very significant, high correlation
(Pearson 0.9430; P-value < 0.0001). Therefore, Ti has a crustal origin as well. Along with its marine
origin, Sr has a correlation with Al (Pearson 0.5979; P-value = 0.0240). This indicates that some Sr has a
terrestrial input. Other trace elements present in the aerosol with possible terrestrial origin are Mn
(Pearson 0.8635; P-value = 0.001) and Pb (Pearson 0.7557; P-value 0.0028).

3.3. Multivariate Analysis

Previous correlation analysis has described that there are significant correlations (P-value < 0.05)
among some of the elements found in the PM10. Subsequently, PCA has been carried out, aiming
to check if these relationships occur globally. Figure 3 shows the scatter diagrams corresponding to
the sampling days. Figure 3a presents the scatter plot when all elements found have been computed
as variables; in Figure 3b, the dispersion diagram corresponds to the majority of the elements and
Figure 3c corresponds to the components that are at trace levels. Given that the elements were found in
different concentration levels, the PCA has been carried out after scaling the data by standard deviation
(autoscaling). The green circle indicates that there are two values (samples) close to each other, and
therefore there is some similarity between them. However, at the same time, these values are different
from the rest. The green and red arrows indicate the same, values that are out of the guideline or
general behavior.

As can be seen in Figure 3, the distribution of the scores are quite similar. Most of the points
are located at the bottom of the diagram and close to the origin of coordinates. This means that the
different pollutants maintain a similar pattern. However, there are exceptions. Figure 3a shows that
the sample taken on 1 February 2017 is separated from the rest of the points. This indicates that there is
a different pattern compared to the rest of the samples. Similarly, this occurs in Figure 3b,c.

The different patterns show the occurrence of K and P (major elements); and V and as (trace
elements). These elements are significantly correlated with each other (see correlation Table S2 in
Supplementary Materials). The maximum values of these elements were measured on 1 February 2017,
while the rest of the elements gave values close to or below the average. On the other hand, these
elements do not show a significant correlation with either Na or Al, so their marine or crustal origin
is discarded.
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Figure 3. Scatterplot with scores from statistical analysis of the different sampling days by principal
component analysis (PCA). (a) represents the whole data set computed as variables. (b) represents the
data of the majority elements. (c) represents the data of the trace elements. The green circle, and red
and green arrows indicate values that are out of the general behavior.

It can be observed in Figure 3a that for two days (24 February 2017 and 26 February 2017) the
elemental composition differs, in relative terms, from the rest of the days. Even though these days
appeared close on the distribution diagram, they have different characteristics. One of them corresponds
to the presence of majority elements and the other to trace elements. The highest concentration levels
were recorded on 24 February 2017 (Figure 3b). The majority elements concentration was recorded
to be above the average, except for K and P, on 26 February 2017 (Figure 3c). On this day, a similar
situation happened with minority elements, with the exception of V and as (Table S1, Supplementary
Materials).

Finally, the point associated to PM collected on 07 January 2017 also deviates from the general
pattern. However, this point should be considered anomalous or unrepresentative, since on that day,
Fe, Mn, Zn, Sn and Hf were not detected. Furthermore, the rest of the elemental concentration was
minimum or largely below the average. Some of these facts could be explained based on the air mass
backward trajectories associated with the days prior to the sampling or the sampling meteorological
conditions (Figure 4). Generally, air mass backward trajectory analysis showed that PM10 moved
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following the Antarctic Circumpolar Pattern through the Southern and Pacific Oceans, while for some of
the cases air masses originated close to the Antarctic Peninsula at the Weddell and Bellingshausen Seas.

• Air mass backward trajectories associated to 01 February 2017 (Figure 4) show previous winds
to this day with origin on the Weddell Sea, passing through the Antarctic continent and the
Bellingshausen Sea. These areas are mostly covered by ice and snow. This explains the low
concentration levels of crustal or marine elements.

• Backward trajectories associated to 24 February 2017 and 26 February 2017 (Figure 4) show
previous days were similar, although on the 26th wind travelled through areas farther north
than on the 24th. In both cases, the wind route passed mainly through ice-free areas, so these
days prevail the presence of Na and the elements correlated with it, such as Mg. In addition, on
26 February 2017 there was moderate rainfall and high relative humidity, which favoured the
deposition of the aerosol.

• On 07 January 2017 (Figure 4), very low levels of all the elements were detected. This cannot be
explained either by the air mass backward trajectories or by the sampling weather conditions.
Therefore, it should be considered to be anomalous.

 

Figure 4. Total 10-day air mass backward trajectories at Gabriel de Castilla Station using GDAS1
(Global data assimilation system) dataset.

3.4. Polar Contour Maps

In the statistical study of the pollutant’s distribution, it was found that K and P did not show
Gaussian distribution. However, their distribution was a positive asymmetric lognormal type. This
type of distribution is relatively frequent in the environmental analysis, mainly when there are high
intensity emission sources, relatively close to the sampling site. These sources are usually located
somewhere very localized.

Since the transport of pollutants in the air is carried out by the wind, polar contour maps were
used to relate the concentration of these pollutants in the air with wind direction and speed. On the
other hand, according to the correlation study mentioned above, K and P have an important and
significant correlation between them (Pearson 0.9821; P-value < 0.0001). Alternatively, they do not
present a significant correlation with either Na or Al. This indicates that both elements have the same
non-crustal, marine origin.
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If we look at the polar contour maps associated to these two elements (Figure 5), the emission
focus of both maps is in the 210◦ direction (south-west of the sampling site). This implies a natural and
biological origin of these elements, since the Punta de la Descubierta penguin colony is located in that
direction. This colony is one of the largest penguin colonies in Deception Island, so the presence of
these elements in the PM is related to the excrement (guano) in the area.

Figure 5. (a) Polar contour maps in relation to wind direction and speed for phosphorus (P) and (b)
potassium (K) at the Gabriel de Castilla Spanish Research Station (Deception Island).

4. Conclusions

By using statistical methods combined with polar contour Maps and air mass back trajectories,
the different sources of PM collected during the austral summer campaign in 2016–2017 (2.5-month
term) at the Spanish Antarctic Research Base “Gabriel de Castilla” located on Deception Island have
been determined.

Correlation analysis between major and minor elements showed the potential source of the
airborne PM. Sr/Na correlation indicated the influence of marine aerosols, whereas Al/Ti correlation
revealed the influence of local crustal sources. Al/Mn, Al/Sr and Al/Pb correlations indicated terrestrial
sources. Furthermore, K/P correlation was revealed to have non-crustal/marine origins, since no
correlation with Na or Al was found. Multivariate analysis proved the importance of establishing
guidelines in the behaviour of PM10 and its composition throughout the sampling period. Score
distribution showed a similar pattern for most of the elements, except for K and P. The origin of the
K/P correlation was validated by PCA and polar contour maps to be biological (penguin scats from the
penguin colony).

Air mass back trajectories were used to confirm the elemental source. These trajectories revealed
that both crustal and marine inputs occurred following different pathways and were influenced by the
Antarctic Circumpolar pattern.

This work revealed the importance of an improved understanding of the potential origin and
behaviour of PM in the Antarctic, through the use of statistical tools, air mass back trajectories and
polar contour maps. Consistent aerosol tracking in the Antarctic region is crucial, since atmospheric
aerosols play a significant role in the Earth´s climate and ecosystems. Further work will be undertaken
on Deception Island as well as at other Antarctic stations.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4433/11/4/373/s1.
Table S1: Statistical summary of major (a; μg/m3) and minor elements (b; ng/m3). Those elements that show
significant deviation from the Gaussian model (statistical values outside the range −2 to +2) are in red., Table S2:
Statistics of correlations between different elements. For each element the first, second and third row correspond
to Pearson correlation coefficient, sample size and P-Value, respectively. Those elements that show significant
correlation (P-value <0.05) are shown in shaded cells.
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Antarctica. Atmos. Environ. 2001, 35, 1891–1902. [CrossRef]

© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

87





atmosphere

Article

Fine and Coarse Carbonaceous Aerosol in Houston,
TX, during DISCOVER-AQ

Subin Yoon 1,2, Sascha Usenko 2,3 and Rebecca J. Sheesley 2,*

1 Department of Earth and Atmospheric Sciences, University of Houston, Houston, TX 77004, USA;
syoon9@central.uh.edu

2 Department of Environmental Science, Baylor University, Waco, TX 76706, USA; sascha_usenko@baylor.edu
3 Department of Chemistry and Biochemistry, Baylor University, Waco, TX 76706, USA
* Correspondence: rebecca_sheesley@baylor.edu

Received: 14 April 2020; Accepted: 7 May 2020; Published: 9 May 2020
��������	
�������

Abstract: To investigate major sources and trends of particulate pollution in Houston, total
suspended particulate (TSP) and fine particulate matter (PM2.5) samples were collected and analyzed.
Characterization of organic (OC) and elemental (EC) carbon combined with realtime black carbon
(BC) concentration provided insight into the temporal trends of PM2.5 and coarse PM (subtraction of
PM2.5 from TSP) during the Deriving Information on Surface Conditions from Column and VERtically
Resolved Observations Relevant to Air Quality (DISCOVER-AQ) Campaign in Houston in 2013.
Ambient OC, EC, and BC concentrations were highest in the morning, likely due to motor vehicle
exhaust emissions associated with the morning rush hour. The morning periods also had the lowest
OC to EC ratios, indicative of primary combustion sources. Houston also had significant coarse EC
at the downtown site, with an average (±standard deviation) PM2.5 to TSP ratio of 0.52 ± 0.18 and
an average coarse EC concentration of 0.44 ± 0.24 μg·C·m−3. The coarse EC concentrations were
likely associated with less efficient industrial combustion processes from industry near downtown
Houston. During the last week (20–28 September, 2013), increases in OC and EC concentrations were
predominantly in the fine fraction. Both PM2.5 and TSP samples from the last week were further
analyzed using radiocarbon analysis. Houston’s carbonaceous aerosol was determined to be largely
from contemporary sources for both size fractions; however, PM2.5 had less impact from fossil sources.
There was an increasing trend in fossil carbon during a period with the highest carbonaceous aerosol
concentrations (September 24 night and 25 day) that was observed in both the PM2.5 and TSP. Overall,
this study provided insight into the sources and trends of both fine and coarse PM in a large urban
U.S. city impacted by a combination of urban, industrial, and biogenic emissions sources.

Keywords: radiocarbon; carbonaceous aerosol; urban air quality; black carbon; aethalometer

1. Introduction

It is important to improve characterization of carbonaceous aerosols because they impact both
human health and global climate. Carbonaceous aerosols can impact climate change directly via
absorption and scattering of radiation [1], as well as indirectly due to the aerosols’ ability to act as
cloud condensation nuclei [2,3]. The complex interactions between carbonaceous aerosols and climate
change are still being studied [4,5]. Similarly, the human health impacts of atmospheric aerosols are
being investigated in urban settings. Prolonged exposure to respirable PM (PM10; particulates with
an aerodynamic diameter of 10 μm and smaller), and more significantly fine PM (PM2.5; particulates
with an aerodynamic diameter of 2.5 μm and smaller), has been found to cause respiratory and
cardiopulmonary diseases and overall increased mortality [6–8]. In the short term, epidemiological
studies have observed an increase in nonaccidental, respiratory-related hospital emergency visits on
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days with enhanced PM [9,10]. Thus, improving understanding of the sources and trends in urban
aerosol will enable better mitigation strategies for both climate and human health.

Houston, TX, is the fourth most populous city in the U.S., with 2.3 million residents [11], and has
an abundance of anthropogenic and natural emissions. The city’s air quality is impacted by urban
emissions (e.g., motor vehicle exhaust (MVE), cooking, residential wood burning, etc.) and industrial
emissions associated with activities in and around the Houston Ship Channel (HSC) (e.g., heavy-duty
diesel exhaust, ship emissions, petrochemical and refinery processes, etc.) [12–15]. Houston, like many
southeastern U.S. cities, is also heavily impacted by biogenic emissions from vegetation within the
city and forested regions surrounding the city (e.g., Piney Woods) (Figure 1) [16–18]. The objective
of this study was to chemically characterize Houston’s carbonaceous aerosol in the fine and coarse
PM (PMTSP-2.5; subtraction of carbon concentration of PM2.5 from TSP) fractions to better understand
the major sources and trends of PM in the city. For this study, filter samples and measurements were
taken during the NASA-sponsored Deriving Information on Surface Conditions from Column and
VERtically Resolved Observations Relevant to Air Quality (DISCOVER-AQ) campaign in September
2013 [19]. The purpose of the DISCOVER-AQ campaign was to use ground and airborne measurements
to improve the efficiency of satellites in diagnosing ground-level air quality. This study focused
on ground-based measurements and sampling at two sites: a primary urban site located near the
downtown area, representative of the urban Houston region, while the auxiliary site located southeast
of the city was near Trinity Bay and the HSC (Figure 1) [13,15]. Organic and elemental carbon (OC and
EC, respectively) concentrations and radiocarbon (14C) analysis of the total carbon (TC: OC + EC) were
used to characterize the carbonaceous aerosols. From these measurements, week 4 of the campaign
(21–28 September), was designated as the week of interest due to the increased TC concentration in
both the PM2.5 and TSP. Previous studies also observed increased PM2.5 mass and a peak ozone event
across the Houston metropolitan area during week 4 [20–22]. In addition to these off-line analyses,
real-time measurement of black carbon (BC) was made during this sampling period to evaluate hourly
BC trends and compare to filter-based EC measurements. Though BC and EC are both used to describe
the refractory fraction of carbonaceous aerosols, BC is defined by the aerosol’s optical attenuation [23],
while EC is measured based on a thermal-optical approach [24]. More recent aerosol studies in Houston
have focused on fine and submicron PM size fractions; however, this study provides an in-depth
characterization of both fine and coarse carbonaceous aerosols in Houston in order to identify sources,
trends, and relationships between these PM size fractions.

 

Figure 1. Map of the Moody Tower (MT) and La Porte (LP) sampling sites. Map includes outline of the
city of Houston.
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2. Methods and Materials

2.1. Sampling

PM filter-sample collection and BC measurement took place from 4 to 28 September and 1 to
30 September 2013, respectively. This sampling campaign was part of the larger DISCOVER-AQ campaign
in Houston. The primary sampling site was on top of Moody Tower (MT; 29.7197, −95.3432), a high-rise
residence hall (~70 m) located on the University of Houston’s campus. This site is approximately 4.4 km
southeast of downtown Houston and northwest of the HSC (Figure 1). The auxiliary sampling site,
La Porte (LP; 29.6721, −95.0647), was located within a small municipal airport approximately 5.6 km
west of Trinity Bay and close to the HSC (Figure 1). The LP site provides spatial comparison to the
primary urban site (MT), providing insight into whether trends observed at the urban core were present
in other parts of the metropolitan area. The LP site is close to Trinity Bay and closer to the Gulf of Mexico,
serving as potential upwind site for marine onshore winds to MT (Figure 1). This LP site is also in close
proximity to the highly industrialized region of Houston (i.e., HSC).

During the campaign, PM2.5 samples were collected at MT, while TSP samples were collected
at MT and LP. A Tisch sampler with a PM2.5 inlet (200 L·min−1, Tisch Environmental Inc. Cleves,
OH, USA) and a URG medium-volume sampler with a PM2.5 cyclone (82 L·m−1, URG Corporation,
Chapel Hill, NC, USA) were used for PM2.5 sample collection at MT. Two Tisch high-volume samplers
(1170 and 1130 L·m−1) were alternated for TSP sample collection at MT. A Tisch high-volume sampler
(1000 L·m−1) was also used for TSP sample collection at LP. The PM2.5 filter-sample collections at MT
included morning (06:30 to 10:00), afternoon (10:00 to 20:00), day (06:30 to 20:00), and 24-h (06:30 to
06:00) samples (Table 1). The TSP filter-sample collections at MT included day and night (20:00 to 06:30)
samples. The TSP filter-sample collection at LP included 24-h samples (Table 1). Both filter samples and
blanks were collected on 90 mm and 102 mm quartz fiber filters for PM2.5 samples, respectively, while
20 × 25 cm quartz fiber filters were used for the TSP samples. All quartz fiber filters were pre-cleaned
(i.e., baked at 500 ◦C for 12 h), wrapped in pre-cleaned aluminum foil packages, sealed in Ziploc
bags, and stored in on-sight freezers until they were brought back to Baylor University for permanent
storage. A more detailed sampling description of the MT samples has been published previously [25].

The BC measurement was made at MT using a seven-channel AE42 Aethalometer (Magee Scientific,
Berkeley, CA, USA). The instrument had a PM2.5 impactor at the inlet with a flowrate of 4 L·m−1.
The time interval for data logging of the aethalometer was set to 5 m and was averaged for hourly BC
data. For comparison to filter-based bulk carbon measurements, the hourly BC concentrations were
averaged in agreement to the duration of each filter sample.

Table 1. Description of filter samples for reported filter-based analysis. MT =Moody Tower; LP = La
Porte; PM = particulate matter; TSP = total suspended particulate; MV =medium volume; HV = high
volume; OC = organic carbon; EC = elemental carbon.

Site Size Fraction Sampler Type Samples Sample Duration Analysis

MT PM2.5

Tisch
4–28 September morning, afternoon, day OC EC
21–28 September day 14C

MV URG
6–28 September 24-h OC EC
23–25 September 24-h 14C

LP TSP HV Tisch
4–28 September morning, afternoon, day, night, 24-h OC EC

23–25 September day and night 14C
HV Tisch 21–26 September 24-h OC EC, 14C

2.2. Sample and Measurement Analysis

2.2.1. Bulk Carbon Analysis

All filter-based samples were analyzed for bulk OC and EC concentrations (Table S1) with a
thermal-optical-transmittance carbon analyzer (Sunset Laboratory Inc., Tigard, OR, USA) utilizing the
National Institute for Occupational Safety and Health 5040 protocol [26–28]. For quality assurance
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purposes, sucrose spikes were run daily, and triplicate analysis was completed for every tenth sample
run with a relative standard deviation of 4.6 and 1.9% for OC and EC, respectively. Each sample
was blank-corrected using an average of several field blanks. PM2.5 blank filters (n = 7) averaged
(±standard deviation; SD) 0.83 ± 0.65 μg·C·cm−2, which was an average of 14 ± 9% of the sample OC.
TSP blank filters (n = 4) averaged 0.24 ± 0.06 μg·C·cm−2, which was an average of 2 ± 1% of the sample
OC. There were no EC contributions in either PM2.5 and TSP filter blanks.

TSP samples were also analyzed for calcium carbonate (CC) contribution utilizing removal by
acid fumigation [29,30] and then reanalysis of the OC and EC. In brief, a 1.5 cm2 punch of each
TSP filter sample was placed in a pre-cleaned glass petri dish and exposed to 1 N hydrochloric acid
(Fisher Chemical, Hampton, NH, USA) in a desiccator for 12 h, where CC would be released. These
samples were then dried at 60 ◦C for 1 h and analyzed for CC-free OC and EC on the carbon analyzer.
Average percent contributions (±SD) of CC to OC and EC concentrations were −8 ± 7% and 13 ± 22%,
respectively. This low CC contribution in the TSP was not considered significant as it was within the
OC and EC uncertainty (79 and 88% of CC concentration were within the uncertainty for OC and EC,
respectively). Therefore, there was no indication of a positive bias in EC due to CC contribution for
these Houston samples. This is in contrast to samples collected in Beijing, where CC contributed from
22–88% of coarse EC [30]. The CC contribution in Houston was more comparable to contributions at
urban-industrial sites in the southeastern U.S. cities (less than 10%) [31]. Since there was minimal CC
contribution and its concentration was largely within the measure of uncertainty for the OC and EC
concentration, no further discussion of CC will be included.

2.2.2. BC Corrections

The AE42 measures the light attenuation of light-absorbing aerosols deposited onto a filter at
seven different wavelengths: 370, 470, 520, 590, 660, 880, and 950 nm. The 880 nm wavelength was
used as the BC equivalent [32]. However, the aethalometer is biased to multiple light scattering (C)
and shadowing effects (R(ATN)). Corrections were made for these biases for the absorption coefficient
at 880 nm based on Schmid et al.’s [33] calculation:

σaeth =
σATN

C R(ATN)
. (1)

The calculation for these corrections is further detailed in the Supplementary Materials (S1).

2.2.3. Radiocarbon Analysis of TC

Filter samples, including day and 24-h PM2.5 samples from MT, day and night TSP samples from MT,
and 24-h TSP samples from LP (Table 1, Table S2), were analyzed for 14C by accelerator mass spectrometry
(AMS) at the National Ocean Sciences AMS facility (Woods Hole, MA, USA). All filter preparation was
completed at Baylor University. For the 14C measurement, a filter area equivalent to ~60 μg of TC per
sample was allocated for the analysis. The collected filter aliquots were stored in pre-cleaned glass Petri
dishes. These samples and blank filters were acid fumigated using the same 1 N hydrochloric acid
method for the CC protocol. The samples were then shipped to the National Ocean Sciences AMS facility
where samples are compressed to graphite and analyzed for 14C abundance by AMS.

The AMS measures the ratio of 14C to 12C for the samples, field blanks, and a modern reference
standard, which is 0.95 times the specific activity of oxalic acid, the standard reference material [34].
The National Ocean Sciences AMS report their data as fraction modern (Fm), which is described in
Equation (2).

Fm =
(14C/12C)sample − (14C/12C)blank

(14C/12C)AD1950 − (14C/12C)blank
. (2)

As in Equation (3), the Δ14C value can be calculated from the Fm value, where the λ is the inverse
of the 14C half-life (i.e., 5730 years). The Δ14C is corrected for Yc, and the year the sample was collected.

Δ14C =
[
Fm ∗ eλ(1950−Yc) − 1

]
∗ 1000 (3)
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2.3. 14C Source Apportionment of TC

The Δ14C value of each sample can be used to apportion the TC to fossil (ffossil) and contemporary
carbon (fcont) using Equation (4). For this calculation, a contemporary end member (Δ14Ccont) of +67.5‰
(average of +107.5‰ and +28‰ representing wood burning and annual growth, respectively [35]) and
a fossil end member (Δ14Cfossil) of −1000‰ [36] was used.

Δ14Csample =
(
Δ14Csample

)
( fcont) +

(
Δ14C f ossil

)
(1− fcont) (4)

Uncertainty for each measurement was calculated based on the instrumental standard error, the
relative difference of the Fm blank correction, and the SD between results using contemporary end
member separately (+107.5‰ and +28‰) for the Δ14C calculation.

3. Results and Discussion

3.1. Bulk Carbon Measurements

3.1.1. Carbonaceous Aerosols Trends of PM2.5 at MT

Based on the bulk carbon measurement (Table S1), two distinct periods of increased TC
concentrations were observed: 8–15 September (week 2; W2) and 21–28 September (week 4; W4),
respectively (Figure 2a,b). Both weeks began with several days of increasing TC until reaching a peak
concentration followed by a few days of declining TC concentration (Figure 2a,b). The ambient OC
concentration for both weeks was statistically larger compared to the rest of the sampling period (t-test;
p > 0.05). The temporal trends observed in the MT TC were also observed in PM2.5 mass concentrations
measured across the Houston metropolitan area [17,18,20]. The description of these two weeks will be
further detailed in a future study [20].

Figure 2. Carbonaceous aerosol concentrations at MT during the full sampling campaign. Figure
includes filter-based (a) OC and (b) EC concentration of TSP, PM2.5, and the calculated coarse PM. For (a),
(b) The lines between each marker indicate continuous filter collection, while the gray boxes highlight
samples where carbon concentrations were higher in the fine than the coarse PM. (c) Hourly-averaged
black carbon (BC) and filter-based PM2.5 and TSP EC concentration. The filter-based samples include
morning, afternoon, day, and night samples.
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The average PM2.5 OC and EC concentrations during the campaign (morning, afternoon, day,
and night) are reported in Tables 2 and 3. The highest average OC and EC concentrations (±SD) were
from the morning (n = 4) with an average of 3.8 ± 2.3 and 1.3 ± 0.5 μg C·m−3, respectively, while
afternoon (n = 3) periods had the lowest average concentrations of OC and EC at 2.06 ± 0.72 and
0.34 ± 0.10 μg·C·m−3, respectively. There was no significant difference between morning and daytime
OC concentrations (Mann-Whitney test; p > 0.05), while the EC concentration during the morning
was significantly higher than the daytime (Mann-Whitney test; p < 0.05). The morning sampling
periods (06:00–10:00) were shorter and intended to capture the morning rush hour where emission of
carbonaceous aerosol was likely increased due to the influx of MVE emission combined with the lower
boundary layer; this will be discussed further in Section 3.1.2 with the hourly BC results. The OC and
EC concentrations during the day and nighttime were not significantly different (t-test; p > 0.05).

Table 2. The average and maximum concentration of OC for the different (morning, afternoon, day,
and night) PM2.5 and TSP samples at Moody Tower. The number of samples for each sample type and
the sample day for maximum OC concentrations are also included.

PM Type Sample Type Sample No.
Average OC (±SD)

(μg·C·m−3)
Max. OC
Sample

Max. OC Conc
(μg·C·m−3)

PM2.5

morning 4 3.79 ± 2.27 5 September 6.90 ± 0.71
afternoon 3 2.06 ± 0.72 4 September 2.89 ± 0.27

day 19 3.55 ± 1.56 25 September 6.94 ± 0.44
night 1 22 3.21 ± 2.25 24 September 9.51 ± 0.89

TSP

morning 5 11.64 ± 4.13 5 September 15.98 ± 1.14
afternoon 3 6.87 ± 3.67 13 September 10.69 ± 0.78

day 16 7.24 ± 2.12 14 September 10.92 ± 0.60
night 16 6.07 ± 2.78 24 September 13.95 ± 0.83

1 includes calculated night carbon concentration from PMTSP (24-h) and PM2.5 (morning and afternoon or
day) samples.

Table 3. The average and maximum concentration of EC for the different (morning, afternoon, day, and
night) PM2.5 and TSP samples at Moody Tower. The number of samples for each sample type and the
sample day for maximum EC concentrations are also included.

PM Type Sample Type Sample No.
Average EC (±SD)

(μg·C·m−3)
Max. EC
Sample

Max. EC Conc
(μg·C·m−3)

PM2.5

morning 4 1.30 ± 0.52 September 5 1.94 ± 0.40
afternoon 3 0.34 ± 0.10 September 19 0.43 ± 0.14

day 19 0.43 ± 0.18 September 13 0.86 ± 0.12
night 1 22 0.40 ± 0.24 September 24 1.14 ± 0.21

TSP

morning 5 2.17 ± 0.90 September 13 3.49 ± 0.46
afternoon 3 0.69 ± 0.18 September 13 0.83 ± 0.28

day 16 0.87 ± 0.34 September 12 1.40 ± 0.16
night 16 0.84 ± 0.26 September 11 1.34 ± 0.20

1 includes calculated night carbon concentration from PMTSP (24-h) and PM2.5 (morning and afternoon or
day) samples.

The PM2.5 OC to EC ratio (OC/EC) was utilized as a qualitative indicator of potential secondary
organic aerosol (SOA) contribution [37–39]. As EC is a tracer for primary emissions, a higher OC/EC
is indicative of enhanced secondary processes. Biomass burning (BB) sources can also contribute
to increased OC/EC [38,40]; however, the emission ratio of OC and EC from BB can be highly
variable [41,42]. Urban studies have utilized OC/EC for identifying BB contribution generally during
the winters as SOA contribution is more prominent during the summer periods [38,43]. For this
study, high OC/EC may indicate increased SOA contribution, but BB cannot be ruled out by this
method. Average OC/EC during the full campaign period was 8.7 ± 5.8. The average OC/EC (±SD)
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of PM2.5 for the morning, afternoon, day, and night periods were 2.7 ± 0.6, 6.4 ± 2.3, 9.3 ± 4.7, and
9.8 ± 7.6, respectively. The high nighttime OC/EC is in line with Leong et al. [18] and Bean et al.’s [17]
studies, where increased aerosols concentration due to nighttime SOA formation was observed. Unlike
nighttime, the morning period (06:00–10:00) was impacted by more primary emissions reflected by
increased EC concentration, a lower OC/EC, followed by a near factor of two increase in OC/EC in the
afternoon (10:00–20:00) when photochemically driven SOA formation would be more prevalent.

The average OC/EC (±SD) during W2 and W4 was 8.1± 3.4 and 14.6± 6.4, respectively. The OC/EC
was significantly higher during W4 compared to W2 (t-test; p < 0.05). The W4, which included an
ozone event, was influenced by high atmospheric processing. Previously published studies identified
an increase in processed aerosols and highly oxygenated organic aerosols across the metropolitan
area during W4 [17,18]. Southeastern U.S. cities are well known to be impacted by SOA contributions
associated with high biogenic emissions in this region [44]. Even so, overall OC/EC from this study
was higher than reported for other south and southeastern U.S. cities, including Dallas, TX (summer
average: 5.56) [28], Atlanta, GA (3.05), and Centreville, AL (6.31) [45]. They were also much higher
than annual and seasonal averages in Los Angeles, CA (annual average: 2.03) [46], and New York City,
NY (summer average: 4.0) [47], respectively.

3.1.2. BC and EC Comparison

The average BC concentration (±SD) during the full sampling period was 0.80 ± 0.69 μg·C·m−3.
Based on hourly-averaged BC measurements for the entire campaign (Table S3), the highest BC
concentrations were between 04:00 and 10:00, peaking at 07:00 (Figure S1). This captures Houston’s
morning rush hour [48]. The early start may also be associated with industrial activity near the HSC,
including trains and other combustion sources. The morning peak in BC concentration was also
present in EC results, where the morning samples had the highest EC concentration (Figure 2b,c).
The BC concentration was significantly higher during W2 (average: 0.93 ± 0.21 μg·C·m−3) compared
to W4 (0.55 ± 0.22 μg·C·m−3) (t-test; p < 0.05). Defined morning peaks of BC can be observed during
W2 but were not present in W4 (Figure 2c). Windrose plots of the BC concentrations in W2 and W4
reveal differences in wind direction between the two weeks (Figure 3). The high BC concentrations,
which occurred in the mornings during W2, all come from the East, towards the HSC. This pattern
was not observed in the fine EC, where there was no significant difference between W2 (average:
0.43 ± 0.18 μg·C·m−3) and W4 (average: 0.36 ± 0.25 μg·C·m−3) (t-test; p > 0.05). Despite this, the BC was
well correlated to the fine and coarse EC with a linear regression r2 value of 0.72 and 0.74, respectively,
and a slope of 1.17 with the fine EC. It is not clear why the BC deviates from fine EC with respect to
higher concentrations in W2; however, the daily filter change occurred at 06:00–06:30 every morning.
This small gap in the filter data record during the peak BC hours may have resulted in a low bias for
W2 EC.

The observed daily trend of BC was comparable to measurements made in the spring (April
to May) of 2009 during the Study of Houston Atmospheric Radical Precursors (SHARP) field
campaign. BC concentrations during SHARP were also high in the early morning with a peak
concentration at 07:00 [49]. Average BC and EC concentrations (±SD) during SHARP were 0.31± 0.22 and
0.38± 0.19μg·C·m−3, respectively, which is lower than the BC and EC concentrations (±SD) measured for
this study in 2013 (average: 0.80 ± 0.69 and 0.48 ± 0.34 μg·C·m−3, respectively). SHARP measurements
were made during late spring, while this study was during late summer/fall. EC measurement in
both Houston and Dallas have reported higher EC concentrations during the fall and winter periods
relative to spring and summer [28], so this may just represent a seasonal difference between SHARP
and DISCOVER-AQ.
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Figure 3. Windrose plots for BC concentration during (a) week 2 and (b) week 4 at MT. The radius axis
indicates the percent contribution of wind direction sector relative to total week. The BC concentration
is indicated by color, with different scales for Week 2 and Week 4.

3.1.3. Carbonaceous Aerosol Trends of TSP

The average TSP OC and EC concentrations (±SD) for the morning, afternoon, day, and night
samples are reported in Table 2. The TSP TC concentrations during the day and night were not
significantly different (t-test; p > 0.05); however, OC and EC concentrations during the morning were
significantly higher than the night (Mann-Whitney test: p < 0.05). This is the same trend observed in
the PM2.5 EC and BC. The TSP OC and EC concentrations were not statistically different between the
two weeks of interest (W2 and W4) for either daytime (t-test; p > 0.05) or nighttime (Mann-Whitney test;
p > 0.05). During the campaign period, the largest TSP OC concentration (±SD) was on the morning of
September 5 (16 ± 1.1 μg·C·m−3), while the largest EC concentration was on the morning of September
13 (3.5 ± 0.46 μg·C·m−3, Table 2). The highest non-morning TSP OC concentration (±SD) was during
the night of September 24, with a concentration of 13.95 ± 0.83 μg·C·m−3 (Table 2).

The average OC/EC for TSP during the full campaign was 8.2 ± 4.6. The average OC/EC (±SD)
for the morning, afternoon, day, and night TSP were 5.5 ± 0.94, 9.5 ± 3.1, 10.1 ± 6.4, and 7.3 ± 2.4,
respectively. Unlike the PM2.5, average OC/EC was higher during the day than at night, indicating
a larger contribution of non-combustion aerosols during the day. Like the PM2.5, the day–night
difference was not significant (t-test; p > 0.05). Sources of coarse OC include resuspension of soil, as
well as primary biological aerosol particles (e.g., lignan polymers), which were found to be a relatively
important source of coarse aerosol in Houston [50]. The average OC/EC (± SD) for W2 and W4 were
7.5 ± 2.6 and 12 ± 6.6, respectively. Like the PM2.5, the average OC/EC during W4 was significantly
higher than the average OC/EC measured during the W2 (t-test; p < 0.05). The carbonaceous aerosol in
the W4 was likely impacted by increased secondary processing in the PM2.5, while the TSP also was
influenced by a change in atmospheric processing and/or sources in the later week.

3.1.4. Comparison of Carbonaceous Aerosols Between PM2.5 and TSP

Direct comparison between PM2.5 and TSP was possible for 33 samples (three morning, two
afternoon, 15 day, and 13 night samples; Figure 2a,b). Although there were few morning and afternoon
samples, these were included in the comparison. The OC and EC concentrations for PM2.5 and TSP
were strongly correlated (r2 = 0.70 and 0.72, respectively). The PM2.5 to TSP ratio (PM2.5/TSP) for
TC, OC, and EC concentrations were each 0.52 with SDs of 0.12, 0.14, and 0.18, respectively. Average
PM2.5/TSP (±SD) for OC was slightly higher at night, 0.57 ± 0.16, compared to the day, 0.52 ± 0.09.
Within the daytime, the PM2.5/TSP for OC was higher in the afternoon, 0.46 ± 0.03, compared to
the mornings, 0.33 ± 0.09. The PM2.5/TSP for OC was also significantly higher during W2 and W4
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(0.55 ± 0.13) compared to the other sampling days (0.41 ± 0.10) (t-test; p < 0.05). During these periods
of enhanced TC concentrations (W2 and W4), the enhancement in the OC was driven by an increase in
fine PM relative to the coarse PM (Figure 2a). In Figure 2a,b, the gray boxes highlight periods when
the carbon concentration of the fine PM was greater than the coarse PM. In general, the W2 and W4
periods both had relatively higher OC/EC (PM2.5) and PM2.5/TSP. The results of these qualitative tests
support that PM2.5 OC during these periods was enhanced due to secondary processes. SOA formation
is via oxidation of gas-phase precursors (e.g., volatile organic compounds (VOC)) and/or condensation
of semi-volatile organic compounds. Previous studies, at varying study sites (i.e., urban, marine,
and forests), have generally found these photochemically-produced aerosols in the fine and ultrafine
aerosol fractions [51,52].

EC is formed from the incomplete combustion of either fossil fuel or BB sources and is typically
distributed in the fine to ultrafine particulate fraction [53], but this was not the case for this study.
Average PM2.5/TSP (± SD) of EC was largest in the morning (0.70 ± 0.13) relative to afternoon
(0.47 ± 0.03), day (0.50 ± 0.17) and night (0.50 ± 0.19) periods. The measured morning periods had
higher concentrations of fine than coarse EC (Figure 2b). This was likely due to enhanced contribution
of fine EC from MVE or activity associated with the HSC. However, the overall average PM2.5/TSP
ratio for EC was 0.52 ± 0.18, which indicates a significant contribution of EC from the coarse fraction.
Concentrations of the coarse EC ranged from 0.04–0.90μg·C·m−3 with an average of 0.44± 0.24μg·C·m−3.
Coarse EC has been measured in high concentrations in Karachi, Pakistan (2.9 μg·C·m−3); Lahore,
India (~6.3 μg·C·m−3); and Beijing, China (2.0 μg·C·m−3) [54]. Studies have attributed coarse EC
to open field or other uncontrolled BB and/or use of less efficient/older technology for industrial
combustion processes, including coke ovens, steelmaking, and transportation [31,54,55]. Average
coarse EC concentration from this study (0.44± 0.24 μg·C·m−3) was larger than coarse EC (PM10−2.5)
measured in other U.S. cities, including Atlanta, GA (urban site; 0.21 ± 0.13 μg·C·m−3), and Centerville,
AL (rural site; 0.27 ± 0.16 μg·C·m−3). However, Houston’s coarse EC was significantly less than
North Birmingham, AL (urban/industrial site) with an average of 2.70 ± 3.52 μg·C·m−3 [31]. The large
concentration of coarse EC in North Birmingham was attributed to local industrial processes, including
coke ovens and steel making [31]. The coarse EC in Houston may also be due to the different industrial
activities that are close in proximity to the MT site, including a petroleum coke facility along with other
industrial operations in the HSC, located approximately 10 km southeast of MT.

3.2. 14C-based Apportionment of PM2.5 and TSP

Fossil and Contemporary Carbon for TSP versus PM2.5

To better understand the contribution of different sources to the TC, 14C-based source
apportionment was performed on PM2.5 and TSP TC for day and night samples during W4 (Table S2).
Overall, the contribution of contemporary carbon was larger than fossil carbon for both size fractions
at MT and LP. Aside from the daytime PM2.5 on September 27 at MT where contemporary contribution
(±SD) was 48 ± 3%, all contemporary contribution of TC (PM2.5 and TSP) was above 50% (Figure 4).
For MT PM2.5, the average daytime contemporary carbon contribution and concentration (±SD) during
W4 was 61 ± 10% and 2.7 ± 1.1 μg·C·m−3, respectively, while the nighttime (23–25 September) was
65 ± 5% and 4.7 ± 1.2 μg·C·m−3, respectively. In general, daytime carbonaceous aerosols were more
impacted by fossil fuel sources, while nighttime aerosols were more impacted by contemporary sources
(Figure 4), which could include biogenic SOA or BB. A more detailed examination of the daytime 14C is
included in a future manuscript [20]. For MT TSP (day and night samples from 23–25 September), the
average contemporary carbon contribution and concentration were 58 ± 5% and 6.2 ± 1.3 μg·C·m−3,
respectively. Like the diurnal trends observed in the PM2.5, average contemporary carbon contribution
and concentration was greater during the night (61 ± 4% and 6.7 ± 1.8 μg·C·m−3, respectively) than the
day (55 ± 5% and 5.75 ± 0.25 μg·C·m−3, respectively). When considering source differences between
fine and coarse aerosol, the average ± SD PM2.5/TSP for contemporary carbon was 0.69 ± 0.09, while
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the fossil carbon was 0.56 ± 0.08. Considered as a percent contribution, the coarse PM had larger
contribution from fossil carbon, ranging from 46 to 53%, compared to fine PM, ranging from 30 to 45%
for 23–25 September (Figure 4). It is not clear if the source of this coarse fossil TC was associated with
industrial activities or is linked to soil/crustal PM.

Figure 4. Radiocarbon-based apportionment of ambient total carbon concentration (left-axis) and
fractional contemporary contribution (right-axis) of PM2.5 day (D) and calculated night (N) samples
and TSP D and N samples at MT. Apportioned TSP 24-h filter samples from LP are also included. Red
line is a marker for the 0.5 contemporary carbon contribution of total carbon (TC).

Within W4, September 24 day to September 25 day has a different trend. The OC and EC
concentrations in the fine were greater than coarse PM (Figure 2a,b), and the contemporary carbon
contribution decreased. The carbonaceous aerosol during this period was likely driven by secondary
processing of fossil carbon emissions specifically impacting the fine particulate fraction.

Source apportionment results from the auxiliary site, LP, reported a larger contribution of
contemporary carbon contribution relative to the urban core site at MT. The average± SD contemporary
contribution and concentration of TSP at LP was 67 ± 13% and 7.1 μg·C·m−3, respectively. The average
± SD fossil contribution and concentration for LP was 33 ± 13% and 3.7 ± 2.4 μg·C·m−3, respectively.
Though the LP site is closer to the HSC, the contemporary carbon contribution was higher than in
MT (day and night) (Figure 4). However, the general trends observed during the W4 at MT for both
PM2.5 and TSP were also observed in the LP TSP (Figure 4). The largest contribution and concentration
(±SD) of fossil carbon at LP was on September 25 with 49 ± 3% and 8.0 μg·C·m−3 (Figure 4). Both fossil
carbon contribution and concentration were higher at LP than at MT (day and night) on 25 September.
Previous studies have attributed the high pollution event on 25 September to the bay breeze, where a
re-circulation of air mass via continental offshore winds transports it out to the Gulf and then back to
Houston city (crossing over the HSC), where the resultant wind speeds across the Houston metropolitan
area were low, producing stagnant conditions [22,56]. Point source emissions from Houston’s HSC was
another important factor for the high pollution event on 25 September [56,57]. The larger contribution
and concentration of fossil carbon observed at LP than at MT on 25 September could be due to LP
proximity to this industrial region of Houston.
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4. Conclusions

In this study, a detailed characterization of the carbonaceous aerosols for PM2.5 and TSP provided
a better understanding of PM sources and trends in Houston. This study (1) identified important
diurnal and temporal trends and (2) distinguished major sources and aerosol size fractions contributing
to poor air quality days (i.e., increased PM and/or ozone levels) in Houston. Initial bulk carbon analysis
identified the highest OC and EC concentrations during mornings for both PM2.5 and TSP. Real-time
BC measurements confirmed these morning peaks (i.e., 04:00–10:00). The enhanced OC, EC, and BC
concentrations during the morning period were likely due to a combination of increased emissions and
favorable meteorological conditions (i.e., low boundary layer). For these mornings, as expected, EC
was more enhanced in the fine than the coarse PM, likely due to the incomplete combustion from MVE.
The large contribution of coarse EC was also observed during this project, likely from less efficient
industrial processes near the Houston MT site.

Overall, the OC/EC was relatively high, especially in the PM2.5 fraction. The OC/EC was high
during both W4 and W2. During both weeks, the OC concentration in the fine was larger than the
coarse fraction, particularly during W4. The enhanced concentration of carbonaceous aerosol during
W4 was driven by OC and EC in the fine fraction. The high OC/EC during this period supports
enhanced contribution from secondary processes and/or biomass burning.

Further analysis of W4 was accomplished using 14C analysis to distinguish the contribution
and concentration of contemporary and fossil carbon. Overall, Houston aerosol was largely from
contemporary sources in both PM2.5 and TSP. However, the coarse TC had more impact from fossil
sources than the fine TC, with an average ± SD of 51 ± 3% for coarse and 38 ± 7% for fine aerosol.
The LP TSP, relative to MT TSP, had larger variability in contemporary and fossil carbon concentrations.
Depending on meteorology and wind patterns, the LP site can be impacted by either strong, clean onshore
winds or by industrial emissions. For days with poor air quality, 24 to 25 September, the carbonaceous
aerosols were impacted by an increase in fossil carbon contribution at both MT and LP sites but driven
by fine PM. This study has identified differences in coarse and fine sources of EC in Houston. Further
study is needed to identify the sources of coarse EC and monitor potential seasonal trends.

Supplementary Materials: The following is available online at http://www.mdpi.com/2073-4433/11/5/482/s1,
S1: Detailed calculation for BC correction, Figure S1: Hourly averaged ambient BC concentration, including
1 standard deviation error bars; Table S1: Bulk carbon, including OC and EC (and, respectively, uncertainty)
ambient concentration for all PM2.5 and TSP samples from MT. Each sample is identified by the sample date
(YYMMDD) followed by the sampling period which includes morning (M), afternoon (A), day (D), night (N), and
24-h samples; Table S2: Contemporary and fossil carbon (and respective uncertainty) ambient concentration of
TC from 14C analysis and its uncertainty for all PM2.5 and TSP samples from MT. Samples from Moody Tower
(MT) and La Porte (LP) are included. Each sample is identified by the sample date (YYMMDD) followed by the
sampling period which includes day (D), night (N) and 24-h samples; Table S3: Hourly-averaged ambient BC
concentration during sampling period. Dates are formatted as YYMMDD.
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Abstract: This study presents the emission profiles of n-alkanes for different vehicular sources in
two Brazilian cities. Atmospheric particulate matter was collected in São Paulo (Southeast) and in
Salvador (Northeast) to determine n-alkanes. The sites were impacted by bus emissions and heavy
and light-duty vehicles. The objective of the present study is to attempt to differentiate the profile of
n-alkane emissions for particulate matter (PM) collected at different sites. PM concentrations ranged
between 73 and 488μg m−3, and the highest concentration corresponded to a tunnel for light and heavy
duty vehicles. At sites where diesel-fueled vehicles are dominant, the n-alkanes show a unimodal
distribution, which is different from the bimodal profile observed in the literature. Carbon preference
index values corresponded to anthropogenic sources for most of the sites, as expected, but Cmax

varied comparing to literature and a source signature was difficult to observe. The main sources to air
pollution were indicated by principal component analysis (PCA). For PCA, a receptor model often
used as an exploratory tool to identify the major sources of air pollutant emissions, the principal
factors were attributed to mixed sources and to bus emissions. Chromatograms of four specific
samples showed distinct profiles of unresolved complex mixtures (UCM), indicating different
contributions of contamination from petroleum or fossil fuel residues, which are unable to resolve by
gas chromatography. The UCM area seemed higher in samples collected at sites with the abundance
of heavy vehicles.

Keywords: atmospheric particulate matter; fossil fuel burning; n-alkanes; tunnel measurements;
principal component analysis

1. Introduction

The Brazilian fleet corresponds to about 50 million vehicles [1] and, since 2003, a new generation
of vehicles, known as flexible fuel vehicles, has been introduced in the country. Their flexible engines
are adapted to use gasohol (gasoline with anhydrous ethanol) as well as pure ethanol [2]. In addition,
diesel and biodiesel are also being used. The combustion of all these fuels leads to the rise of species
in both gaseous and particulate phases in the atmosphere and their composition has not yet been
elucidated in detail [3].

Particulate matter emitted by anthropogenic activities might cause many environmental problems,
including climate effects, and also impacts human health [4]. Among the compounds emitted by fossil fuel
burning, the organic fraction is predominant, and organic pollutants as n-alkanes are often present [5,6].

Despite the fact that aliphatic hydrocarbons do not present significant adverse effects on biological
systems, as polycyclic aromatic hydrocarbons and their nitro- and oxy-derivatives, their role in
atmospheric chemistry is important. Aliphatic hydrocarbons contribute to a significant portion of the
total organic fraction which is present in the atmospheric particulate matter, besides containing several
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important markers, which can provide important information about sources that may be acting at a
site [6,7]. Their homologous distribution may indicate different pollution sources [8].

Depending on the ambient temperature, aliphatic hydrocarbons in the particulate phase might
volatilize and increase in concentration in the gaseous phase. The initial reaction of the aliphatic
hydrocarbon in the atmosphere is generally with hydroxyl radicals, producing water and an alkyl
radical, via hydrogen abstraction. The reaction rates at room temperature are in the range between
10−15 and 10−11 molecule cm−3 s−1, increasing with growth in chain size and structural complexity of
the aliphatic hydrocarbons [9,10]. Once formed, alkyl radicals are converted through reactions into
alkyl peroxy (ROO•) and alkoxy (RO•) radicals which, in sequence, will act as formation precursors of
ozone, alkyl nitrates, and carbonyl compounds. These compounds can influence the vapor-to-particle
distribution [11]. The toxic effects of these photochemical oxidants are widely recognized in the
literature [12,13]. When it is inhaled, they produce reactive oxygen species, which may induce cellular
oxidative stress and consequently become the first step in the development of many diseases including
respiratory diseases such as asthma and cardiovascular problems [9,12].

Studies performed in smog chambers demonstrated that the organic fraction of aerosol-containing
nitro groups, produced when aliphatic and aromatic hydrocarbons are exposed to NOx and solar
radiation in the atmosphere, can be potentially mutagenic to organisms [14]. Considering that, the
atmospheric reactions occurring with some of the emitted compounds may significantly increase the
genotoxic potential of the ambient air particles [15].

Sicre et al. [16] suggested that n-alkanes emitted by higher plants are found predominantly in larger
particles and, on the other hand, those originating from anthropogenic sources, such as incomplete fuel
combustion, lubricating oil volatilization, tire debris and road dust [17–19], are major sources of fine
particles. Regarding origin and distribution, natural n-alkanes can be derived from biological sources
such as plant wax, soil, marine bacteria, phytoplankton, and biomass burning and often present an odd
carbon chain prevalence in relation to the odd/even distribution [7]. In urban areas the homologues
emitted by anthropogenic sources do not present a characteristic distribution. Therefore, the observed
n-alkane profiles can contribute to the identification of emission sources [20].

São Paulo and Salvador are big cities with approximately 12 million and 3 million inhabitants,
respectively [21], and have ongoing problems concerning air pollution. Local emissions are considered
as the major contributors of organic aerosols [22,23]. According to previous studies, São Paulo presented
a total concentration of 36 ng m−3 for n-alkanes [22], while Salvador showed an even higher value,
62 ng m−3 [23].

In an attempt to differentiate the emissions from different engines, measurements were undertaken
in three tunnels, in a bus station, in an urban area impacted mostly by heavy vehicles, and in a
truck parking depot. In this study n-alkanes in aerosols were identified and quantified; the samples
were collected in two different Brazilian states strongly affected by vehicular emissions in their most
populated cities, São Paulo and Salvador.

2. Experiments

2.1. Sampling Site Descriptions

Sampling was conducted in two cities located in two different Brazilian states. The first one was
São Paulo city (Southeastern Brazil, Figure 1) where five places were chosen: three tunnels, one road
site and one truck shipping corporation site. The first tunnel, Jânio Quadros (JQT), is located in the
southwest area/region and is 1900 m long. The traffic is only permitted in one direction and the
movement of diesel-fueled vehicles is restricted. Thus, light vehicles are predominant at this site.
JQT presented intense traffic during weekdays. The second tunnel, Maria Maluf (MMT) is located
in the south area and is 800 m long, connecting with important highways. In MMT, the emission
varied between gasohol, ethanol and diesel vehicles [24]. The third tunnel, Rodoanel (ROD) is 1700 m
long. It is an important road for heavy-duty vehicles, especially heavy trucks transporting loads. It is
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a beltway with a radius of approximately 23 km from geographical center of the city downtown.
Sampling at the three sites was conducted as follows: at JQT in 2001 and 2011, at MMT in 2001, at ROD
in 2011.

The fourth sampling site in São Paulo is located inside the campus of the University of São Paulo
(ARN) near city center, at the intersection of two roads with intense traffic of buses and cars during
weekdays. The samples at ARN were collected in 2012.

The fifth sampling in São Paulo was conducted at a truck shipping company (TRA) in 2015.
This site is used for mechanical repair and fuel supply for trucks. It is located in the North region of the
city, close to several important highways. As road transport is the most important way of trading goods
in Brazil, companies specialized in the transport of payloads predominantly use heavy trucks, which
are fueled with biodiesel (B5% = blend volume of 5% of pure biodiesel and 95% of diesel) and diesel.

The second city was Salvador, capital of the Bahia State (Northeastern Brazil, Figure 1). The sampling
was conducted at Lapa Bus Station (LAP), located in the downtown area (Figure 1), a region with heavy
commerce and service activities, in close proximity to several office buildings, stores and a big shopping
mall. Sampling was conducted at the underground level, where ventilation is very poor, thus impairing
air circulation. The site is impacted by emissions from buses of a fleet of about 510 vehicles operating at an
average frequency of 325 buses per hour and with a daily circulation of approximately 300,000 people.
The samplings were conducted in 2010 (LAP10) and in 2013 (LAP13).

 

Figure 1. Map of Brazil showing the location of sampling sites in Salvador and São Paulo.

2.2. Aerosol Collection and Chemical Analysis

Before sampling, quartz fiber filters were pre-heated at 600 ◦C for 6 h. Samples were obtained
with a high-volume sampler at a flow rate of 1.13 m3 min–1, collecting total suspended particles
(TSP) (Energética, Brazil and Thermo Scientific, USA), PM10 or PM2.5 (Thermo Scientific, USA) on
quartz fibers.

In the tunnels of São Paulo, 15 samples were collected for a period of 6 h, during the day [2,24]
between 2001 and 2011. Owing to the expected high loads of PM inside the tunnels that could
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overcharge filters, sampling periods were shorter than at the other sites. At TRA and ARN, 11 samples
were collected during a 24-h sampling period. Fifty-two samples were collected in Salvador at the
Lapa Bus Station, for eight hours during the daytime in 2010 and 2013. After sampling, the filters were
kept at 4 ◦C in a refrigerator. Table 1 summarizes the size of particles, numbers of samples, sampling
durations, months and years for each campaign.

Table 1. City, particulate matter (PM) size, number of samples (N), sampling durations (in hours),
number of sampling days, and months and years for each sampling campaign.

City Site PM Size N
Sampling

Duration (h)
Days of Sampling Month Year

São Paulo

JQT01 TSP 3 6 2 August 2001
MMT TSP 2 6 2 August 2001
JQT11 PM2.5 6 6 3 May 2011
ROD PM2.5 4 6 2 July 2011
ARN PM2.5 7 24 7 September 2013
TRA PM2.5 4 24 4 May 2015

Salvador
LAP10 PM10 27 8 9 April–May 2010
LAP13 PM10 25 8 8 October 2013

As the chemical analyzes were conducted in different periods by different research groups,
the methodology chosen for the samples from São Paulo and Salvador was not the same. However,
analytical parameters related to these methodologies have been published previously [22,23,25].
Furthermore, all samples were analyzed close to the collection period. Samples collected in São
Paulo were extracted by an ultrasonic bath (Q335D2, Quimis, Brazil) with 80mL of dichloromethane,
three times, and concentrated to 1 mL in a rotatory evaporator with N2 (Air Liquide) flux. A column
packed with silica and alumina was used to separate n-alkanes from the other organic compounds [26].
The eluent used to obtain n-alkanes was n-hexane.

Gas chromatography coupled with a mass spectrometry (GC–MS) analyzer (GC-7820A/MS-5975,
Agilent, Palo Alto, CA, USA) was used to identify the compounds, with helium as the carrier gas.
The chromatographic conditions were: 60 ◦C for 1 min, up to 150 ◦C for 6 ◦C min−1; next to 280 ◦C
at 5 ◦C min−1, holding for 15 min. The splitless mode was used to make the injections (1 μL) and the
injector temperature was set to 300 ◦C. The standard used for the calibration curve was purchased
from Sigma-Aldrich (C7–C40 alkanes standard).

For samples collected in Salvador, the extraction method of the n-alkanes from the filters was based
on the work of Pereira et al. [3]. Briefly, samples from atmospheric particulate matter were placed in
amber glass vials and 5 mL of a dichloromethane/methanol (1:1 v/v) mixture was added. The vials were
then closed and placed into an ultrasonic bath for 10 min. After that, each sample was filtered through
a 0.45 μm polytetrafluoroethylene membrane (PTFE); 500 μL aliquot was dried in a gentle nitrogen
stream. The dry extract was completed with 50 μL of dichloromethane, for the subsequent GC–MS
analysis. The quantification was based on external standard calibration curves using stock solution of
500 mg L−1 C10–C40 mixture of n-alkanes (AccuStandard, New Haven, CT, USA). The analyses were
performed with a GC–MS system (Varian 431/200, Walnut Creek, CA, USA) with an auto sampler
(Varian CP-8410, Palo Alto, CA, USA). The column used was BPX5 MS (30 m × 0.25 mm ID × 0.25 μm;
5% phenyl/95% polydimethylsiloxane) with helium as the carrier gas at a 1 mL min−1 flow rate.
The oven temperature program was: 60 ◦C for 1 min; increased up to 90 ◦C at 4 ◦C min−1; up to
140 ◦C at 12 ◦C min−1; up to 180 ◦C at 9 ◦C min−1; and up to 330 ◦C at 6 ◦C min−1, remaining at this
temperature for 6 min and finishing with a total run time of 48 min. Injections (1 μL) were made in the
splitless mode and the injector temperature was set at 300 ◦C. Recovery tests were conducted in both
experiments, the values ranging between 80% and 98%.
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2.3. Data Analysis

Information on the source index used in this study for data analyses are described hereafter.
The carbon preferential index (CPI) is a diagnostic tool that represents a relation of proportionality
between alkanes with odd and even carbon chains (Equation (1)) [7]. While the contribution of
petrogenic sources leads to CPI values close to 1, values greater than 3 are indicative of contributions
from biogenic sources [6,27].

CPI =
∑

Codd ÷
∑

Ceven (1)

Two CPI parameters were adopted in the present study to discriminate between petrogenic and
biogenic influences, and they include [28]:

Whole range of n-alkanes (Equation (2)):

CPI1 =
29∑

i=17

Ci ÷
30∑

k=16

Ck (2)

Petrogenic n-alkanes (Equation (3)):

CPI2 =
25∑

i=17

Ci ÷
24∑

k=16

Ck (3)

Another parameter that can be used to indicate the source is called average chain length (ACL),
especially for lipid components produced by plants. ACL is calculated as a mean number of carbon
atoms per molecule based on the abundance of odd high homologs (Cn ≥ C23, Equation (4)) [27]:

ACL = (n × [Cn] + (n + 2) × [Cn+2] + . . . + (n +m) × ([Cn+m])/([Cn] + [Cn + 2] + . . . + [Cn+m]) (4)

The percentage of petrogenic n-alkanes (%PNA, Equation (5)) was deduced from the percentage
of WNA (wax n-alkanes), which is used to estimate the biogenic contribution of wax n-alkanes and was
calculated by subtracting the concentration of next higher and lower even carbon-numbered homologs
from the average (Equation (6)) [5,28]:

%PNA = 100 −%WNA (5)

%WNA =

∑
[Cn − (Cn+1 + Cn−1)/2]∑

Ctotal
× 100 (6)

The equation derived for computing the ratio of homolog concentrations is called odd-to-even
predominance (OEP). It has been adopted as a tool to confirm CPI values, but OEP is calculated for each
individual n-alkane, while CPI is calculated for the whole range. Thereby, mathematical improvements
have made it possible for OEP to eliminate the limitations found in CPI, as previous studies have
reported [29]. This parameter can bring more realistic information about the sources than CPI [30].
The OEP ratios were calculated according to Equation (7). Kavouras et al. [31] suggested adopting the
range between C14 and C34 for this calculation.

OEP =

(
Cn−2 + 6×Cn + Cn+2

4×Cn−1 + 4×Cn+1

)
(−1)(n−1)

(7)
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3. Results and Discussion

3.1. Particulate Matter and n-Alkane Concentrations in the Tunnels and at the Truck Depot

Table 2 shows minima, maxima and mean concentrations, standard deviations and sampling
numbers for all sites. The samples collected in 2001 at JQT and MMT presented mean concentrations of
TSP of 488 and 253 μg m−3 (Table 2), respectively. The truck traffic was allowed in this area and the fleet
was constituted by a mixed of gasohol, ethanol and diesel fueled vehicles until 2008 [1]. At this time,
flex vehicles were not circulating and biodiesel was not added to the diesel; this addition is often related
to better fuel burning and smaller emissions of particulate matter [32,33]. The limits defined in the
Brazilian Atmospheric Standards for TSP are related to 24 h of exposure, however, even with sampling
time below 24 h, the average concentrations in both tunnels was higher than the limit of 240 μg m−3

established in Brazil. A large difference in traffic characteristics between the tunnels MMT and JQT01
was observed. An intense traffic of heavy-duty vehicles (HDV) occurred in MMT during the afternoon
and light-duty vehicles (LDV) circulation was constant during the morning and afternoon. In the JQT,
the LDV were predominant and the vehicle density increased from morning to afternoon [34].

In JQT11, where LDV were predominant, the PM2.5 mean concentration was over 52 μg m−3,
and at ROD, where the particulate sources are LDV and HDV, the mean concentration was over
233 μg m−3 (Table 2). ROD is approximately 23 km from São Paulo’s city downtown and it is an
important route for HDV that circulate with diesel and biodiesel, especially for trucks transporting
shipments to the entire state. Besides that, these values are comparable to the Standard establish by the
São Paulo Environmental Agency, CETESB, for 24 h of exposure (60 μg m−3) [35]. JTQ11 had a mean
value below the legislation value. On the other hand, ROD presented a mean concentration almost
four times higher than the CETESB standard.

Comparing the results obtained in São Paulo tunnels with other studies, the values obtained in the
JQT11 and ROD were lower than the concentration found in a tunnel in Lisbon (Portugal) characterized
by the predominance of gasoline vehicles (58%) followed by diesel cars (42%). The PM2.5 concentrations
ranged from 450 to 1061 μg m−3 in October 2008 [36]. For PM10 samples collected in Shanghai, China
at a road tunnel with intense traffic of gasoline-powered vehicles (91–98%), between October 2011 and
May 2012, the mean concentration was 670 μg m−3 [37], much higher than the values obtained in the
tunnel samples in the present study.

The TSP concentration at JQT for the samples collected in 2001 was 488 μg m−3 (JQT01) and for
those collected 10 years later at the same site (JQT11), the PM2.5 mean concentration was over 52 μg m−3.
The restriction of truck circulation, implemented in 2008 by local government, might have influenced
this PM reduction [1], since HDV are known to significantly contribute to the PM emissions [38].

The mean concentrations of the homologues found in the tunnel samples in 2001 (JQT01) were over
767 ng m−3 and even much higher 1680 ng m−3 (Figure 2) at MMT. The Cmax, carbon number of the most
abundant n-alkane [39], was C21 for JQT01 and C24 for MMT. According to the literature, this parameter
can be used for a relative source input [28,39]. Cmax lower than C25 is characteristic of anthropogenic
emissions, more specifically by fossil fuel burnings [6,40]. Simoneit et al. [40], reports n-alkanes emitted
by diesel vehicles and auto engine exhausts (species not burned) maximizing at C22–C23. Among the
sites impacted by diesel burning emissions (ARN, TRA, JQT, LAP, MMT, and ROD), only JQT and MMT
presented Cmax (Table 3) similar to that reported for areas impacted by diesel burning [40].

For the samples collected at tunnels 10 years later, JQT11 (PM2.5) presented an n-alkane mean
concentration higher (1670 ng m−3) than ROD (1276 ng m−3) (Figure 2). This value was higher than
obtained at JQT01 (767 ng m−3) 10 years before. In 2011, JQT11 registered 1806 vehicles/hour, while ROD
recorded 1152 vehicles/hour [2].

Comparing tunnel results with strong contributions from heavy duty-vehicles, ROD (1276 ng m−3)
presented a smaller n-alkane mean concentration than MMT (1680 ng m−3), probably due to a smaller
number of vehicles, because according to Vasconcellos et al. [41], the traffic volume in MMT was
2917 vehicles/hour.
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The TRA site is a place where a truck company offers maintenance services and is an open area
used for parking, located in an industrial neighborhood of São Paulo. This site presented PM2.5 average
concentrations of 92 μg m−3 almost four times higher than the value recommended by World Health
Organization for PM2.5 (25 μg m−3) [42] and higher than the standard established for São Paulo State [35].
The total n-alkane mean concentration at TRA was 90 ng m−3. These samples showed a predominant
distribution between C26 and C30. The Cmax was C28, showing the influence from engine exhausts
(lubricating oil emissions) in addition to the fossil fuel burning [7].

3.2. Particulate Matter and n-Alkanes Concentration in Bus Station (LAP) and Bus Corridor (ARN)

The PM10 concentrations at the LAP13 bus station (Table 2), were lower than those found three
years before (LAP10), considering either the weekday or the day period of sampling. The average
concentrations in the morning, afternoon and night for 2010 samples were 162, 171 and 85 μg m−3,
while for samples collected three years later (2013) the values were 91, 127 and 56 μg m−3, respectively.
These results are consistent with previous studies at the same site by Pereira et al. [43] in 2005
(123 μg m−3; 140 μg m−3 and 63 μg m−3), confirming that in 2010 the concentrations were higher than
in 2005. This can be explained partly by an increase in the bus fleet; while in 2005 an average of
482 vehicles circulated daily in the bus station, in 2010 this number increased to 519 vehicles. In addition,
there were changes in station architecture after 2005, when the air exhaust system was removed for
repair, resulting in a lessening of air circulation through the station. The decrease in concentration in
2013 was probably due to new arrangements in the station; after 2012, a new bus platform was added,
providing air circulation at the underground floor. Other factors could be associated with this, such as
fleet renewal and improvement of fuel quality (diesel) [43].

Table 3 and Figure 2 presented the n-alkane distributions for all sites studied. The Cmax, the most
abundant species, was C32 for LAP10 and C29 for LAP13, which can be related to biogenic contributions [5].
For these samples, it was possible to identify and quantify the homologous series that was distributed
between the C16 and C33. It was observed that the average concentrations did not differ significantly
between the two sampling years (1.5–14 ng m−3 and 1.3–17 ng m−3 in 2010 and 2013, respectively).
In addition, there was a greater contribution of n-alkanes of high molecular mass (C24 to C33). In the same
place, a previous analysis by Pereira et al. (2007) with samples collected in 1998 showed concentrations
of total n-alkanes ranging between 300 and 580 ng m−3, values above those found in 2010 (range:
72–210 ng m−3) and 2013 (range: 105–202 ng m−3).

(a) 

Figure 2. Cont.
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The total concentrations of n-alkanes found in this study for LAP10 (160 ng m−3) and LAP13
(180 ng m−3), are comparable with values obtained in other studies, which reported concentrations
of samples collected in roadway regions and in urban areas, as by Omar et al. [6] (Kuala Lumpur,
Malaysian, 103 ng m−3), Wang et al. [44] (Beijing, 137 ng m−3) and Vasconcellos et al. [45] (São Paulo,
106 ng m−3).

The ARN site, an important road close to São Paulo’s main avenues, receives a strong influence
of bus and car emissions; besides there are many public hospitals around this area. The mean PM2.5

concentration at ARN was 79 μg m−3, this value is also three times higher than that recommended for
24 h of exposure by the World Health Organization (WHO) [4]. Regarding n-alkanes at ARN, the total
concentration was 201 ng m−3, and a predominance of species ranging from C24 to C29 was observed;
the Cmax was C26, which indicates the contribution of mixed sources [40].

Table 2. Means, minima, maxima and standard deviation for PM mass concentrations (μg m-3) of
samples collected at each site.

Site Mean Min Max SD

LAP10 ** 141 82 171 37.0
LAP13 ** 91 56 127 29.0
JQT01 *** 488 419 571 62.1
MMT *** 253 199 308 44.5
JQT11 * 52 49 59 4.2
ROD * 233 202 282 32.9
TRA * 92 46 145 40.5
ARN * 79 44 124 32.7

* PM2.5 mass concentration; ** PM10 mass concentration; *** TSP; SD: Standard Deviation.

3.3. Species Contribution

Four chromatograms were chosen to illustrate the difference in profiles according to the site
variations (JQT11, ROD, ARN, TRA—Figure 3). The hump areas shown in two chromatograms are
chracterized as unresolved complex mixtures (UCM), a term used as one indicator of petroleum or
fossil fuel-burning contamination, which represents the area of compounds unable to be resolved by
simple gas chromatography. The combination of the two-dimensional gas chromatography technique
coupled to time-of-flight mass-spectrometry (GC–TOF/MS) has been reported as a solution to resolve
and identify these hydrocarbons individually [46].

Many studies presented similar humps characterized by petroleum contributions in different
environmental matrices, such as sediments, rivers, and road dust [20,46]. The hydrocarbons that
originate in the UCM hump are predominantly products of biodegraded crude oil and refined fractions,
such as lubricating oils. Booth et al. [46] have shown that most of the compounds contained in the UCM
area were derived from cyclic hydrocarbons such as alkylbenzenes and tetralins that are potentially
toxic to humans.

Comparing the four chromatograms, ROD and JQT exhibited similar distributions and negligible
unresolved complex mixture areas while the chromatograms regarding ARN and TRA, two open areas,
contain large UCM areas (Figure 3). ARN and TRA showed higher contributions of heavy molecular
weight hydrocarbons unresolved by gas chromatography than ROD and JQT.

Another calculation adopted by previous studies [27] is the ratio between the unresolved area
of chromatogram to the total resolved area. This ratio describes the degree of contamination by
hydrocarbons emitted by heavy fraction of petroleum [36]. ROD and JQT presented ratios equal to
1.7 and 1.6, while ARN and TRA obtained values of 17 and 5, respectively. With these values, it is
possible to infer that ARN and TRA sites have different sources of pollution that can contribute
significantly to this unresolved mixture.
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Figure 3. Chromatograms of four different sites (ROD, JQT, ARN and TRA) analyzed by gas
chromatography coupled to flame ionization detection (GC-FID).

A large bus corridor is surrounded by five important hospitals at ARN. The municipal legislation
requires hospitals to have their own power generator [47] which uses fossil fuels to produce energy.
These emissions can add particulate matter containing organic compounds.

At the TRA site, an industrial neighborhood where most of the commercial buildings are for
transportation but chemical and plastic industries are also present as well as one of the largest Brazilian
airports that is over 4 km away from the sampling site. Masiol and Harrison [48] reported that jet
fuel burning emits normal paraffin, iso-paraffin, cycloparaffin, aromatic and alkene classes. The PM
emitted by these sources may contain species impacting the atmosphere and air quality.

There are different n-alkane ranges that can be selected to calculate the carbon preference index (CPI),
which can show the biogenic versus anthropogenic predominance or petrogenic contribution [49,50].
Considering the CPI1 (Table 3), which indicates the impact of biogenic and anthropogenic sources [49],
all the sites demonstrate a strong influence of anthropogenic sources, since the values are close to 1.
These results are similar with the CPI1 (mean = 1.3) obtained during the winter in 2005 for PM2.5

collected at the Chinese megacity Nanjing, at a typical urban site [51].
The CPI2 shows the contribution of petrogenic hydrocarbons [49]. According to the literature, the

smaller values represent a higher contribution of anthropogenic activities [52]. In this study, the smaller
values were for JQT11 (mean = 0.3) and ROD (mean = 0.4), indicating again, the high impact of
petrogenic emissions.

Table 3 also shows average chain lengths (ACL) at all sites, according to calculation previous presented
in Section 2.3 Data Analysis. ACL is a source index relative to lipids, for n-alkanes. The ACL values ranged
from 26 (MMT) to 29 (JQT11). According to previous studies, in tropical climates, ACL values between
C22 and C29 were indicative of mixed source contributions [28,53]. Additionally, ACL is a parameter that
can be used as an ambient temperature indicator, by the fact that higher values were observed during
warm seasons and lower values in cold periods [54]. However, this parameter must be used sparingly,
since cloistered places may show different behavior. The samples collected during the warm season were
from LAP13 and ARN site, the other samplings were conducted during cold season.
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Table 3. Carbon preference index (CPI), average chain length (ACL) values and Cmax for the n-alkanes
at all sites.

Site CPI1 CPI2 ACL %PNA Cmax

LAP10 1.1 1.2 27 97 C32
LAP13 0.9 1.1 28 97 C29
JQT01 1.3 1.2 28 75 C21
MMT 1.0 1.0 26 96 C24
JQT11 0.2 0.3 29 99 C30
ROD 0.2 0.4 28 99 C30
ARN 1.1 1.2 28 93 C26
TRA 0.9 1.4 28 97 C30

The percentage of petrogenic n-alkanes (%PNA) falls between 75% (JQT01) and 99% (ROD).
Comparing JQT results obtained in the 2001 and 2011 samples, the %PNA was lower in 2001 (75%)
than in 2011 (99%). This difference could be attributed to the increase in the number of vehicles in
the city over time. In 2001, there were over 4 million vehicles running in São Paulo, while by 2011 the
number increased to 7 million [1], representing an increase of 78%.

It is worth noting that, while the CPI values and Cmax (Table 3) point to the prevalence of
petrogenic sources (LAP10, MMT, JQT11, ROD, ARN, TRA), other sources may have minor roles,
such as emissions from activities around the sites, parks (JQT), food commerce (LAP, ARN) and
industries (ROD and TRA).

The OEP ratio is an odd-to-even calculation, which is a measure of the local odd-even ratio [29].
It is a useful tool that can provide information about the variety of sources of n-alkanes [55]. The OEP
measure was established to eliminate mathematical limitations found in the CPI ratio, as mentioned
before in Section 2.3. Data analysis. Although the CPI ratio is the most popular calculation for n-alkanes,
high oscillations in the concentration observed for odd/even carbon could appear and the errors
of this parameter can increase as the number of carbon chains decreases [56]. In an attempt to use
distinguishing running ratios for correlation determinations, the OEP function was established to
avoid these fluctuations.

In previous studies, OEP values were plotted against carbon chain length to make the OEP curves.
Tunnels sites (JQT01, JQT11, and ROD) showed a similar flat profile, with the largest variation values
(ranging from 0.3 to 2.9), and the highest values were below C25 (Figure 4), which provides evidence
for the predominance of the anthropogenic contribution [19]. The other sites (MMT, TRA, ARN, LAP10,
and LAP13) also presented a shape of OEP curves similar to those for urban sites (Figure 4) reported
by previous literature studies conducted at sites highly impacted by vehicular emissions [30,55].
Despite this, the range of values was smaller (between 0.1 and 1.6) than the three tunnel samplings,
which may indicate one major source for each site [56].

Figure 5 shows the ratio between individual n-alkane concentrations and the sum of n-alkanes for
each tunnel ranging from C20 to C32 in an attempt to evaluate the specific contribution of each compound
to the total concentration. It was expected that n-alkanes below C25 showed higher contributions
relating to the sum of concentrations than the compounds above C25, since the first range (<C25) is
attributed to anthropogenic sources, which is dominant inside tunnels [5,18]. It was observed that
the percentage of even homologs from C20 to C30 was similar to those of the JQT11 and ROD tunnels.
In fact, JQT11 prioritizes LDV during the peak period, prohibiting HDV during this period [56]. For the
samples collected 10 years before, MMT and JQT01, at a time when Brazilian legislation allowed HDV
circulation at both sites, n-alkanes lower than C25 were predominant in these locations, indicating a
high contribution of diesel burning [19].
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Figure 4. Odd-to-even predominance (OEP) curve of the homologues series of n-alkanes.

Since 2008, the percentage of alcohol in Brazilian fuels has increased to 25% [32]. Pacheco and
collaborators [57] reported that the addition of ethanol to gasoline may increase the emissions of
aldehydes, acetic acid and unburned alcohol, negatively affecting the air quality. For the samples
collected at JQT in 2001, C21, C24 and C27 were the most abundant homologs as opposed the samples
collected in 2011, where C26, C28 and C30 presented the highest concentrations. The change in Brazilian
fuels between these years resulted in reducing PM concentrations in the urban areas, but the non-exhaust
vehicular emissions such as tire, brake, and road surface wear increased [58], which can be attributed
to different profiles observed for JQT01 and JQT11 (Figure 5).
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Figure 5. Ratio of n-alkanes and sum of total n-alkanes concentrations for the tunnels studied.

The homologous distributions presented for the samples collected in tunnels with the predominance
of diesel-burning emission, presented distinct shapes. The results show that for MMT samples from
2001, C22, C23 and C24 were the most abundant homologs, whereas for ROD collected in 2011 the most
abundant were C26, C28 and C30, showing different contributions.

According to the literature, the most abundant n-alkane can be used with respect to the relative
source input. Cmax lower than C25 is characteristic of anthropogenic emissions, more specifically by
fossil fuel burnings [6,40]. The present study shows different profiles from the studies conducted in
other countries; it may be due to the large variety of fuels burned in the Brazilian fleet (Cmax varied from
C21 to C32). Besides the fuels commonly used in other countries, in 2004, a governmental program was
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implemented in Brazil and biofuels were added to diesel [59]. It is expected that this implementation
will change the species contribution.

3.4. Statistical Correlations

Pearson’s correlations were also calculated using the n-alkanes concentrations. The results showed
that samples collected at sites with the influence of biodiesel burnt in buses (LAP10, LAP13 and ARN),
were strongly correlated with the homologues ranging from C22 to C32 (R = 0.62–0.99). For samples
collected at the ROD and TRA sites where the trucks are fueled with biodiesel, the correlations were
also stronger, from C15 to C32 (R = 0.57–0.99).

On the other hand, low correlations were found for JTQ samples collected during different years.
The prohibition of HDV traffic in this tunnel after 2008 may have affected the n-alkanes distribution.
Results from both tunnels with similar characteristics (ROD and MMT) presented high correlations
(R = 0.54–0.99) between C15 and C25.

Rogge et al. [18] reported that the profile of n-alkanes emitted by fossil fuel burning presented a
bimodal distribution with higher emission rates between C20 and C22 and C24 and C27. LAP10 and LAP13
showed a bimodal distribution between C19 and C21 and from C24 to C29. In general, the samples collected
at tunnels (TJQ, MMT and ROD) presented a unimodal distribution with even carbon n-alkanes higher
than odd carbon n-alkanes. The TRA and ARN samples exhibited a unimodal profile from C20 to C29.
At a site with a predominant emission of fossil fuel, an increase of lower molecular weight n-alkanes
(≤C22) reflects the presence of fossil fuel burning [40].

Hierarchical cluster analysis (HCA) is an unsupervised agglomerative technique that examines
inter-point distances between all samples in the data set and represents this information in the form of
a two-dimensional graph, the dendrogram. Through the dendrogram, it is possible to visualize the
groupings and similarity between the samples and/or variables. Figure 6 outlines grouping tendencies
of n-alkanes that showed high connections for all sites. In this way, three groups of n-alkanes with
good correlation were observed, they are: (1) C17, C18, C19 and C20; (2) C22, C23, C24, C27, C29, C31, C32,
C33 and C34 and lastly (3) C26, C28 and C30.

 

Figure 6. Cluster analysis for all sampling sites.

According to a previous study, 95% of n-alkanes emitted by diesel burning have carbon numbers
less than C19 [18]. By comparison, group 1 might be associated mostly with diesel burning.
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Group 2 contains more compounds than the other groups, which is consistent with results obtained
previously by Pearson correlation, where compounds from C22 to C32 showed great associations.
Similar results were obtained by independent mathematical methods. This group can be attributed
mainly to anthropogenic emissions since the biogenic contribution tends to be small at all sites.
According to a previous study, plant wax concentrations were attributed to high-molecular-weight
n-alkanes (from C24 to C35) [59]; however, the waxes of n-alkanes are presented in the rubber material
which produces tires, as antiozonants, to protect it from ozone attack [18]. Therefore, compounds
grouped in this cluster with long carbon chains (C29, C31, C32, C33) can be attributed mostly to tire
wear particles generated during the rolling shear of the tire tread against the road surface.

The third group contained three even n-alkanes which can be attributed to different sources,
since these even compounds have carbon long chains that can be emitted by a source mixture with
anthropogenic and biogenic contribution.

3.5. Principal Component Analysis (PCA)

PCA is a useful tool for understanding emission sources. To define the principal sources of
n-alkanes, enrichment factors associated with aerosols sources were calculated for all sites. Due to a
large range of concentrations, PCA was calculated in two ways: one for large value concentrations
(JQT01, MMT, JQT11 and ROD) and the other for small-value concentrations (LAP10, LAP13, ARN and
TRA). Table A1 (Appendix A) shows the scores of the two principal components for large and small
values. Principal component 1 accounts for 56% of the total data variance, while the principal component
2 explained 32% for the data with large values. In contrast, for small values, PC1 corresponded to 80%
and PC2 to 10%.

For large-value concentrations (JQT01, MMT, JQT11 and ROD), most of n-alkanes were explained
by factor 1 (Figure 7a). This factor ranged from C19 to C29, (except to C26 and C28). The range from
C19–C25 is often attributed to fossil fuel emissions, as this carbon range is predominant in anthropogenic
activities [60]. Rogge et al. [18] showed that vehicular tires have higher n-alkanes in their compositions,
revealing different compositions with additional pyrolysis products. Therefore, this factor presents
mixed sources.

It seems that the samples collected at JQT11 (Figure 7a) presented a higher contribution to factor 2,
due to the predominance of even n-alkanes (C18, C26, C28 and C30). As described earlier, this tunnel is
characterized by light-duty vehicles.

To permit easier graphical visualization, the following nomenclatures were adopted: JQT01 as
TQ, MMT as MM, JQ is JQT11 and RD is ROD (Figure 7a).

  

(a) (b) 

Figure 7. Score graphs of the two principal components for each site with (a) large concentrations and
(b) small concentrations.
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For the sites with lower concentration values of n-alkanes (LAP10, LAP13, ARN and TRA) factor 1
was attributed predominantly to buses emissions (combustion of diesel plus biodiesel) since this cluster
is well correlated (Figure 7b). On the other hand, for TRA samples, different sources besides truck
emissions, such as industrial emissions, as expected, can impact this site. Factor 2 with n-alkanes
(C20 and C21) well correlated can be attributed to unknown sources.

4. Conclusions

The present study reports particulate matter and n-alkane concentrations at different sites impacted
by vehicular emission in Brazil. Regarding PM size and concentrations, samples collected at tunnels
in 2001 presented higher levels since TSP samples were collected; the addition of biodiesel was
implemented years later. The massive difference between the samples collected at JQT in 2001 and 2011
was attributed to PM size and, especially, to the restriction of truck circulation implemented in 2008
by the local government of São Paulo city. The bus station in Salvador (LAP) presented a decrease in
PM concentration between 2010 and 2013 probably due to a change in the station’s architecture which
provided better air circulation at the site.

Despite the fact that PM concentration has decreased in smaller aerosol fractions, the n-alkanes
concentrations increased, highlighting the predominance of organic compounds in the fine PM
fraction. The n-alkane concentrations were characterized mostly by anthropogenic emissions at all sites,
as expected for areas strongly impacted by vehicular emissions. The chromatographic profiles were
different for samples collected at tunnels that showed a low contribution of an unresolved complex
mixture when compared to the samples collected at urban sites (ARN and TRA). This difference can be
attributed to other possible PM local sources, such as power generators and industries.

The CPI values suggest the prevalence of petrogenic sources at LAP10, MMT, JQT11, ROD, ARN
and TRA. The OEP values were typical of urban areas and the profiles were similar in spite of different
site characteristics. Among the sites, Cmax varied from C21 to C32, showing the complexity of emissions
of different fuels.

Pearson’s correlations indicated the different site characteristics. The sites affected by buses
emissions (LAP10, LAP13 and ARN) were strongly correlated; also well correlated were the samples
collected in the ROD and in TRA, impacted by diesel emissions. JTQ01 and JQT11 samples presented
poor correlations, probably due to truck restriction after 2008.

PCAs were calculated in two ways: for large and small concentrations. In sites with large
values, most of n-alkanes were explained by factor 1, attributed to mixed sources (vehicular and tires
emissions), whereas factor 2 was more affected by light-duty vehicles emissions. PCA for small values
were attributed to bus emissions (factor 1) and for unknown sources (factor 2).

The use of alternative fuels such as those used in the Brazilian fleet can lead to cleaner
emissions, but this should be further studied. It would be interesting if the legislation were more rigid,
recommending lower concentrations of particulate material, consequently reducing the concentrations
of many pollutants.
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Appendix A

Table A1. Factors of principal components analysis.

Large Values Small Values

PC1 PC2 PC1 PC2

C17 - - C17 −0.931 -
C18 0.472 0.781 C18 −0.931 -
C19 0.757 0.444 C19 −0.864 0.324
C20 0.761 0.481 C20 −0.672 0.716
C21 0.870 −0.394 C21 −0.545 0.768
C22 0.964 - C22 −0.892 -
C23 0.968 - C23 −0.923 -
C24 0.952 - C24 −0.926 -
C25 0.964 - C25 −0.873 −0.303
C26 - 0.961 C26 −0.970 -
C27 0.976 - C27 −0.984 -
C28 - 0.967 C28 −0.984 -
C29 0.913 - C29 −0.980 -
C30 −0.328 0.925 C30 −0.910 -
C31 - 0.634 C31 −0.966 -

Values lower than 0.250 in module are omitted; values higher than 0.700 in module are in bold.
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Abstract: Air pollution in Chinese megacities has reached extremely hazardous levels, and human
activities are responsible for the emission or production of large amounts of particulate matter
(PM). In addition to PM from anthropogenic sources, natural phenomena, such as dust storms
over Asian deserts, may also emit large amounts of PM, which lead episodically to poor air quality
over Chinese megacities. In this paper, we quantify the degradation of air quality by dust over
Beijing, Chengdu and Shanghai megacities using the three dimensions (3D) chemistry transport
model CHIMERE, which simulates dust emission and transport online. In the first part of our work,
we evaluate dust emissions using Moderate Resolution Imaging Spectroradiometer (MODIS) and
Infrared Atmospheric Sounding Interferometer (IASI) satellite observations of aerosol optical depth,
respectively, in the visible and the thermal infrared over source areas. PM simulations were also
evaluated compared to surface monitoring stations. Then, mineral dust emissions and their impacts
on particle composition of several Chinese megacities were analyzed. Dust emissions and transport
over China were simulated during three years (2011, 2013 and 2015). Annual dust contributions to
the PM10 budget over Beijing, Chengdu and Shanghai were evaluated respectively as 6.6%, 9.5% and
9.3%. Dust outbreaks largely contribute to poor air quality events during springtime. Indeed it was
found that dust significantly contribute for 22%, 52% and 43% of spring PM10 events (for Beijing,
Chengdu and Shanghai respectively).

Keywords: mineral dust; air quality; modeling

1. Introduction

Chinese atmospheric pollution is a major health problem with more than 82% of Chinese
population living in environment exceeding particulate matter (PM2.5) concentrations of 75μg m−3 [1]
(Chinese National Standard GB 3095-2012 for PM2.5 in an urban environment, 24H mean: 75μg m−3;
annual mean: 35μg m−3). During haze pollution events, PM2.5 levels have even exceeded 75μg m−3

in 74 China major cities (800 million inhabitants) for 69% of days in January 2013—reaching a daily
concentration of 772μg m−3 for PM2.5 [2]. A [3] recent study has aggregated chemical speciation
from several Chinese cities and report that particle’s composition is dominated by organic matter
(26.0%), sulfate (17.7%), mineral dust (11.8%), nitrate (9.8%), ammonium (6.6%) and elemental carbon
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(6.0%). The People’s Republic of China has seen its population exposed to strongly increasing pollution
levels until the first decade of the 21st century. As a consequence, daily sunshine duration has been
reduced [4] and premature mortality went up from 0.9 million in 2000 to more than 1.2 million (+33%)
in 2010 [5], while population increased only by 6% in the same time. Indeed, China has observed an
important growth in several economic sectors such as transport increasing from 24 millions vehicles
in 2003 to 78 millions vehicles in 2010 [6], energy production with an increase of 250% between 2000
and 2010 [7], construction and other sectors. To lower anthropogenic pollutants emissions, China
has developed its environmental policy and tightened air quality standards, leading to a decrease of
PM2.5 after 2007 [8] or latter for some components, as of NOx after 2012 [9]. Besides, China comprises
extended arid areas, as the Taklimakan desert (270 × 103 km2), or the Gobi desert (1.3 × 106 km2) that
naturally emit PM. As a result, Chinese air pollution is a mix of pollutants that come from a multitude
of sources. Pollution sources will differently affect Chinese cities depending on their locations, their
geographical situations or their meteorological situations.

Mineral dust aerosol from deserts represents about 40% of total aerosol mass emitted each year
into the atmosphere [10]. Global dust emission estimates range from 1000 Mt.year−1 to 5000 Mt.year−1

[11,12]. The authors of [11] compile several model studies and estimate a global emission median
value of 1572 Mt.year−1. It is thus the most important aerosol component in term of mass for the global
atmosphere. Mineral dust aerosol is characterized by a very high spatial and temporal variability, due
to the episodic character of emission events associated to meteorological conditions like surface wind
speed, and surface characteristics like protrusion elements. Dust aerosols must also be considered
and study for their direct and indirect radiative impacts [13,14]. A previous study [15] has estimated
that Chinese and Mongolian annual desert dust emissions between 1996 and 2001 are 240 Mt.year−1

(+/− 130 Mt.year−1) contributing to between 10 to 25% of global dust emissions. For spring time
only, [16] found an emission of 252 Mt.year−1. Mineral dust lifetime in the atmosphere can vary from
few hours to several days, [17,18] depending on meteorological conditions, and mineral dust particles
can impact air quality of Chinese cities. Thus, dust can be transported over large areas and impact
cities PM load: a one-year study, based on 2000, from [19] resulted in an annual dust average in PM2.5

fraction of 13μg m−3 in Beijing and 7μg m−3 in Shanghai (corresponding to about 12% of PM2.5 load
in both cities). It shows high seasonal variability, with higher values in spring. In this study, maximum
daily means dust content reaches 40μg m−3 in Beijing and 30μg m−3 in Shanghai. Recent studies
have used Lagrangian modeling to determine the dust contribution to PM2.5 and PM10 in Chinese
cities or study dust vertical diffusion and transport pathways [20,21]. Reference [20] has simulated
dust plume over East China region and focused on a case study in spring 2015 which shows a large
contribution of mineral elements to PM2.5 (34% of Ca2+). The authors of [21] consider that dust plumes
from Taklimakan are most commonly transported around 1.7 km above sea level.

In this work, we simulated mineral dust aerosol emissions from deserts and their transport across
China. From these simulations, mineral dust impact on particulate matter load in several Chinese
cities compared to anthropogenic pollution was studied. Three years were simulated (2011, 2013 and
2015) to study inter-annual variability and seasonal variations. In this study, we first evaluated the
accuracy of modeled dust emissions, using satellite Aerosol Optical Depth (AOD) observations over
source regions, then, we evaluated the regional simulated PM concentration with in situ measurements.
Finally, the model capacity to represent PM chemical speciation on a daily basis and during several
years allowed us to investigate the part of dust to PM average and peak burdens in several cities. It
was also possible to determine dust burden from each desert area for each studied city. The results
depend on the model ability to reproduce as correctly as possible for a long-term period the various
geophysical processes that control Chinese cities air quality, from mineral dust emissions, transport to
anthropogenic pollutants modeling. Thus, the CHIMERE model allows us to propose quantitative
results and study the frequencies of pollution events controlled by dust transported to Chinese
megacities, which brings additional information to the existing literature.
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Beijing, Chengdu and Shanghai are respectively the 2nd, 6th and 1st most populated cities
in China, with 22.5, 14.5 and 24.5 million of inhabitants. These three cities also present different
geographic situations, Beijing is located in Northern China (39◦54′13′′ N; 116◦23′15′′ E), Chengdu in
Central China (30◦39′00′′ N; 104◦04′00′′ E) and Shanghai in Eastern China (31◦13′56′′ N; 121◦28′09′′ E).
Beijing and Shanghai are in a similar monsoon system, with strong rainfall within summer season.
Chengdu is located in a basin surrounded by plateau and high mountains (Tianshan, Qinling to the
north) and climate, especially wind, is more continental and quite different. This induces different
exposure to mineral dust pollution from sources mainly located in Western and Northern China (Cities
location displayed later in the document). This choice is similar to cities selection made in previous
work which reviewed observations of PM composition for representative Chinese megacities [22].

In Section 2, the paper first presents the material and method used in the study. Model and
observations are described, then evaluation methods are explained. In Section 3, results are presented,
starting with the characterization of mineral dust emissions, and then evaluating its contribution to
urban particle pollution for the selected cities. Section 4 gives conclusions.

2. Materials and Method

2.1. The CHIMERE Chemistry Transport Model

In this work, we used the CHIMERE 3D regional chemistry transport model (CTM) ([23,24],
2014b version) run over a 0.25◦ × 0.25◦ regular grid. The domain is chosen large enough to include
the Taklimakan desert on the West, Japan on the East and China’s northern and southern territories
(72◦30′ E–145◦ E; 17◦30′ N–55◦ N, simulation domain is displayed Figure 2). The domain is composed
by 290 (longitude) × 150 (latitude) grid cells and 17 vertical layers, from the ground to 200 hPa. Vertical
layer thicknesses are increasing with altitude, 8 layers lie within the first 2 km of altitude. Advection is
resolved using the Van Leer [25] second-order slope-limited transport scheme. Meteorological forcing
is generated by ECMWF-IFS meteorological forecasts [26] and then interpolated to hourly resolution.

In our simulations, aerosols were distributed into 10 size-classes (also denoted as bins),
from 0.05μm to 40μm. 6 bins that correspond to PM2.5, 2 bins describe PM between 2.5μm and
10μm and finally 2 describe PM coarser than 10μm. The model’s AOD is calculated using a Fast-J
photolysis scheme [27] and considering optical properties (Mie scattering, absorption) for each bin and
each aerosols species.

2.1.1. Anthropogenic and Biogenic Aerosols Modeling

EDGAR-HTAP V2.2 emission inventories [28] based on 2010 were used to generate anthropogenic
emissions (gaseous species and particulate matter). NOx and SO2 emissions for 2013 and 2015 have
been derived from remote sensing observation (SO2 and NOx columns from OMI instrument), with a
method used and evaluated in [29], leading to decreases of 37% (SO2) and 21% (NOx) between 2011
and 2015, similar to recent inventory trends [30]. Biogenic emissions are generated by the MEGAN-v2
model [31]. Climatological boundary and initial conditions for dust are obtained from the GOCART
global model [17] and from the LMDZ-INCA global model for others species [32,33].

Composition and phase state of inorganic aerosol is tabulated by using the ISORROPIA
V2006 module [34]. It calculates the partitioning of NH3(g)/NH+

4(p), HNO3(g)/NO−
3(p),

and H2SO4(p)/HSO−
4(p)/NO−

3(p), from the initial gaseous and particulate precursors content and
meteorological conditions (temperature, relative humidity). Organic and inorganic species gas-phase
chemistry is described with the reduced MELCHIOR2 mechanism [35], and the equilibrium for organic
species between gas and particle phase is calculated using [36,37].

In this study, PM chemical speciation is divided into 8 different species (from 13 in our
simulations): Dust (only representing the desert and natural fraction), NH+

4(p) (ammonium), SO2−
4

(sulfate), NO−
3(p) (nitrate), AMPP (Anthropogenic Mineral Primary Particulate matter—including soil
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dust emitted from anthropogenic activities such as construction), OM (primary and secondary Organic
Matter from biogenic and anthropogenic sources) , BC (Black Carbon) and SALT (sea salt).

2.1.2. Mineral Dust Aerosol Modeling

The CHIMERE model dust modeling was evaluated in a multi model comparison on Northern
Chinese areas [38]. In this study, CHIMERE is the only model used and evaluate without need in
tuning dust concentrations and which showed good performances.

Mineral dust emissions are a threshold phenomenon, which occurs when the wind friction
force exercised on soil particle aggregates is higher than forces maintaining these aggregates on the
ground. When a threshold wind friction velocity is exceeded, the wind kinetic energy will mobilize soil
aggregates into a horizontal flux, a process called saltation. During saltation, soil aggregates go rolling
along the surface, and then, shocks between aggregates and soil will liberate fine soil material from
aggregates, in a process called sandblasting. The dust emission calculation requires a soil properties
database (roughness length, texture and soil aggregates size distribution) as developed in [39] for
China. Saltation fluxes are defined in [40] and calculated as follows (Equation (1)):

Fh(Dp) =
KρairU∗3

g

(
1 − U∗

t
U∗

)(
1 +

U∗
t

U∗

)2

(1)

where U∗ is the friction wind speed, U∗
t is the threshold friction wind speed, calculated following

Marticorena and Bergametti (1995). K is constant with value equal to 1, ρair is the air density and the
gravitational acceleration g = 9.8 m.s−2.

The sandblasting process and vertical emission fluxes were calculated in CHIMERE from a
parameterization by [41], which calculates the emission fluxes for a given aerosol size distribution,
following Equation (2) [40]:

F(v,m,i)(Dp) =
Nclass

∑
k=1

πρpβpi(Dp,k)d3
m,i

6ei
dFh(Dp) (2)

where Nclass corresponds to the intervals of soil size distribution, pi the relative fraction corresponding
to Nclass, ei is individual kinetic energy of aggregate, ρp is particle density and β an acceleration
constant. We incorporated an optimization of emissions modeling, by adding a criterion on
meteorological conditions. When the precipitation rate (inquired by ECMWF) is greater than
0.01 kg.m−2.h−1, we assume an increase of binding energies in the soil that will inhibit the dust
emissions for the next two hours.

Three dust size-distribution parameterizations based on a physical description of the emission
processes are commonly used in models: [41–44], these parameterizations have been validated on a
reduced set of data and the simulation of the dust size distribution remains uncertain mainly due to
our ability to document correctly the soil properties at the emissions. The multi model evaluation [38]
study included CHIMERE model with [41,43] parameterizations; finally the parameterization [41]
was retained for their multi model comparison, due to better results. In our simulations [41,45] was
used, about 15% of dust emissions were distributed into PM2.5 (similar as [46]), 61% were distributed
into the coarse fraction of PM10 excluding PM2.5 (PM2.5/PM10 = 0.20), finally, 24% were distributed
into a PM fraction with a diameter larger 10μm, a fraction, which is not always considered [47]. This
slightly differs from the 9.8% distribution proposed by [43,47,48] for the mass distributed into the
PM2.5 which might results to higher AOD at 550 nm close to source regions (AOD at that wavelength
being particularly sensitive to particles between 0.5μm-1μm [49]). However, even if the chosen
parameterization impacts the PM2.5/PM10 ratio, the study mainly focus on the PM10 fraction (76% of
total mass emitted in our case). The main issue to the PM2.5,dust/PM10,dust distribution is finally the
difference of transport behavior between the 2 particle range sizes, as the PM2.5,dust fraction is most
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efficiently transported—the ratio increases to 0.32, 0.25 and 0.34 for Beijing, Chengdu and Shanghai
respectively—which might induce an overestimation of PM10,dust mass.

CHIMERE model and modules are described in details in the model documentation .
In our study, simulations were performed for 2011, 2013 and 2015, to study inter annual variability

of dust emissions. The years 2011 and 2013 were chosen because numerous dust events have been
observed for those years [50,51]. However, these years were not abnormally high in total dust emissions
from deserts [52] or in mineral dust detected in cities [53].

2.1.3. Method to Determine Dust Origins in Cities

To determine the contribution of each area to dust load in target cities, we successively inhibited
dust emissions from the various arid areas to tag dust desert origin (Equation (3)).

Contribution(n,i,t) =
(dust)(0,i,t) − (dust)(n,i,t)

(dust)(0,i,t)
(3)

where (dust)(0) represents the baseline simulation in which emissions are included for all areas, n
indicates computed simulations while inhibiting arid areas emissions, i pixel locations and t timestep.
Simulations have been performed inhibiting one area at a time, and an additional simulation has been
conducted by removing dust coming from outside the domain (i.e., boundary conditions) to evaluate
their impact. This method will lead to some error in deposition process modeling, because deposition
processes are non linear, depend on multiple factors such as meteorology, interactions between
particles and soils with different types and properties [54,55]. The resulting underestimation for the
dust concentration of 9% for Beijing, 8% for Chengdu and 13% for Shanghai and is considered as
still acceptable.

2.2. AOD Data Set and Its Use for Model Evaluation

Satellite based information from the Moderate Resolution Imaging Spectroradiometer (MODIS)
instrument, based on the NASA Terra satellite, was used to evaluate simulated dust emissions, as in
[56]. The MODIS AOD product was largely used to study particulate pollution and decently compared
to other AOD products as AERONET or MISR [52]. The MODIS instrument provides a global sampling
of the Earth once a day, passing around 10:30 a.m. at local time. It provides information on atmospheric
column content as a combined Dark Target and Deep Blue 550 nm AOD product, on a 1◦ × 1◦ resolution
grid. Additionally, we compared AODs derived at 10μm from thermal infrared measurements of
the Infrared Atmospheric Sounding Interferometer (IASI) onboard the MetOp-A satellite (overpass
at 09:30 a.m. local time) with those calculated from simulated dust distributions by CHIMERE ([57],
using a Mie code and Asian dust refractive indexes from). IASI-derived AODs in the thermal infrared
are estimated with the newly-developed AEROIASI retrieval approach ([58,59], version 2). We used
CHIMERE simulations at 10:00 a.m. local time for the comparisons of AODs derived by both MODIS
and IASI.

We first focused on dust emissions areas, to evaluate the simulated emissions. We verified that
changes brought by dust emission inhibition by rainfall have improved correspondences between
MODIS and CHIMERE AODs. For the 4 arid sub regions, AOD is mostly controlled by mineral dust,
as mineral dust emissions represent more than 90% of the mass of total pollutant emissions for these
regions.

The large dust emitting areas were divided into 4 regions (Figure 1) and compared to MODIS
observations: the so-called Taklimakan desert area, which includes Taklimakan, the Kumtaq desert
and the Qaidam desert; the Gobi desert, mainly situated over Mongolia; the Gurban desert, situated
between the Taklimakan and Gobi desert; the last and smallest area, which is also the closest to China’s
biggest cities, contains several Chinese deserts (Tengger desert, Ulan Buh desert, Qubqi desert and Mu
Us sandy land) and is called hereafter the Northern China desert. This separation of arid areas into
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smaller areas allows for a finer comparison between model and observations and a better analysis of
dust variability; indeed the heterogeneity (especially in terms of emission frequencies) between each
arid sub region is very important. The delimited sub-regions contain most of dust emissions, in our
case, ∼98% of total dust emissions. The sub regions are different with respect to their emission/surface
ratio (Table 1). Taklimakan is the main dust source region with 1 460 × 103 km2. The Northern China
desert region is the smallest area (260 × 103 km2), but is located closer to China East coast, and then
to densely populated areas. The Mongolian Gobi desert is the largest area (1 630 × 103 km2), but is
split into two areas, the Gurban Tunggut desert (211 × 103 km2; Called Gurban desert hereafter)
and the main part of the Mongolian Gobi desert (1 104 × 103 km2). It was necessary to split up the
Mongolian Gobi Desert, as the temporality in dust emissions for the considered sub domains was
different. Statistical results are presented in Table 2.

The AERONET network (AErosol RObotic NETwork, aeronet.gsfc.nasa.gov last consulted
09/30/2018) distributes observations of AOD for several wavelengths, and Ångström coefficients,
with an hourly resolution for 2011, 2013 and 2015 in Beijing. Ångström coefficients provide information
on particle size distribution in the atmospheric column, and can be calculated from AOD measurements
at several wavelengths. Larger particles are characterized by lower Ångström coefficients and
vice-versa. A value below 0.4 characterizes coarse particles such as dust [60].

Table 1. Mineral dust emissions from the different source regions, annual average calculated from 2011,
2013 ad 2015 simulations. Last column indicates the proportion of mineral dust emitted during the 5%
and 20% strongest emitting days.

Areas
Mean Emissions

(Mt.y−1)/
Contribution

Standard
dev. (Mt)

Emis/Surf
(10−3t.km−2)

% of Mass Emitted
in 5%/20%

Strongest Days

Taklimakan desert 198 Mt/70 % 15 Mt 135 62%/94%
Mongolian G. desert 65 Mt/23% 7 Mt 50 53%/90%
Northern C. desert 18 Mt/ 7% 6 Mt 71 82%/99%
Total domain 283 Mt/- 28 Mt - 54%/87%

2.3. Surface Measurements Data Set and Comparison Methods

CHIMERE PM modeling in populated areas was also evaluated against PM2.5 and PM10

measurements from background stations close to cities, during spring periods and full years. We first
wanted to assure that CHIMERE correctly models particulate pollution levels and variability in Beijing,
Chengdu and Shanghai.

A comparison between model and hourly measurements from Chinese monitoring was performed
from PM2.5 and PM10 spring season for 2013 (March–April) and 2015 (March–April–May). We focused
our comparisons on these periods, because of data availability and because the dust impact was
expected to be the strongest in spring. PM measurements are from TEOM instruments [61].

We first used a method to evaluate the representativeness of monitoring stations, from [62] which
uses the relative diurnal variability of SO2 or O3, in order to evaluate if the considered stations were
representative of rural, suburban, urban or traffic environment. This was motivated by the need to
compare model simulations to monitoring stations with a coherent spatial resolution representativeness
and in our case, stations near sources are not eligible. Based on [62] method results, the Beijing,
Chengdu and Shanghai stations are located in a rural environment.

Additionally, similar information is also available for an other 30 stations located in a rural
environment and 3 located in a suburban environment, located in 21 different cities. These stations
were used to evaluate model performances on various areas, but the results are not detailed. Station
locations can be found in Figure S5 (in the supplementary section).
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Model versus measurement comparisons were conducted on an hourly basis, sampling model
output depending on measurements’ availability. Simulated model concentrations are bi-linearly
interpolated at stations’ coordinates.

We also used data from the U.S. Embassy and consulates over 3 cities (e.g., in Beijing, Chengdu
and Shanghai, in urban background environment) to evaluate the PM2.5 correspondences over a
larger period (2011, 2013 and 2015). PM2.5 is measured on an hourly basis with a MetOne BAM 1020
instrument [63]. It has to be noted that 2011 measurements are available only for Beijing. Comparison
methods applied are the same as for previous comparisons, but daily values are calculated from hourly
data depending on measurements availability, and compared.

Statistical results of comparisons, such as normalized bias, Normalized Root Mean Square Error
(NRMSE) and correlation mean are presented in Tables 3 and 4 for spring seasons in 2011, 2013 and
2015 and in Figure S2 (in supplement).

Figure 1. (a) Mean annual dust emissions from the main arid areas in Asia, simulated with CHIMERE
for 2011, 2013 and 2015, in t.cell−1. (b) Monthly emissions for the main arid areas in Mt.

3. Results and Discussion

3.1. Dust Emissions and Evaluation

3.1.1. Mineral Dust Emissions and Seasonality

Dust emissions yearly means for each desert areas are displayed in Table 1 and Figure 1a.
The Taklimakan desert is the main dust source region with 198 Mt.year−1 emissions. We simulated
18.5 Mt.year−1 dust emissions from the Northern China Desert (71 × 10−3 t.km−2). From the Mongolian
Gobi desert 65.2 Mt.year−1 were emitted (50 × 10−3 t.km−2). On average, total emissions reach about
283 Mt.year−1, with 51% of mass emitted within spring season, 31% emitted in summer, 12% emitted
in fall and about 6% emitted in winter (Figure 1b). A result close to [11], who indicate a median value
of 294 Mt.year−1 for Asia (standard deviation: 253 Mt.year−1), obtained from an ensemble with 15
models. Lower results were obtained in [15,64] with values respectively of 242 Mt (1996–2001 average;
σ = 131 Mt) and 213 Mt (2006 and 2010 average). The CHIMERE dust spatial distribution also fits
results found in more recent study as [65].

Dust emissions can strongly vary from one year to another: for 2011, 2013 and 2015 respectively
321, 255 and 274 Mt were emitted each year, which makes a 66 Mt difference between the highest
and lowest value (23% of annual mean emissions). Compared to yearly emissions from (294 Mt,
242 Mt, 213 Mt [11,15,65]), we concluded that 2011 emissions are slightly higher than mean values for
emissions, but 2013 and 2015 represent average years.

Mean spring emissions for the three selected years are 145 Mt, slightly higher than in [66] with
120 Mt (1960–2003 average), and lower than in [15] with values respectively of 182 Mt (1996–2001
average).
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Table 1 presents the percent of dust emitted from the deserts during the 5% highest emitting
days. For the Mongolian Gobi desert and the Northern China desert more than 80% of total dust mass
is emitted during these days, which indicates intensive, but infrequent events. For the Taklimakan
desert and the Gurban desert, more than 50% of mass is emitted during this subset of high emitting
days, which still implies intense emissions events but with also more regular mineral dust emissions
according to study of [15].

Figure 2 presents CHIMERE dust related 550 nm AOD over China (from ground to 200 hPa),
for each season and, calculated from an 2011, 2013 and 2015 average. The largest AODdust values
near emissions areas occur during spring, and are efficiently transported over China and overseas
(Figure 2). During summer season (Figure 2) AOD values over deserts are still high, but transport
to Eastern China is not pronounced. This is due to particular meteorological conditions during the
summer monsoon season, with high rainfall and southerly winds unfavorable for advection of dust
to Eastern China. For winter and fall season, modeled dust emissions are low, and thus dust related
AODs are low over emissions areas.

Figure 2. CHIMERE seasonal 550 nm Aerosol Optical Depth (AOD) associated to dust aerosols for
Winter, Spring, Summer and Fall. Beijing (B), Chengdu (C) and Shanghai (S) locations are indicated on
Winter map. Red lines on Winter map indicate 39.5◦ and 31.0◦ latitudes.

3.1.2. CHIMERE AOD Evaluation in Dust Emission Source Areas

Comparisons of CHIMERE AOD against MODIS AOD are gathered in Table 2, the table shows
the temporal correspondences (day per day comparison of AOD values). We proceed to a comparison
over the different areas for 2011, 2013 and 2015. Daily comparisons were conducted, calculating
daily mean AOD for each sub domain with MODIS and CHIMERE outputs, filtering model data
depending on MODIS pixels data availability. A daily sub-domain average value was accepted if at
least 40% of MODIS data were available. Statistical information was calculated on time series (Bias(%),
NRMSE(%) and Pearson correlation coefficient (r)) to estimate correspondences between model and
satellite observations.

Table 2. Temporal correspondences between CHIMERE 550 nm AOD and MODIS 550 nm AOD,
for 2011, 2013 and 2015 over main arid areas. NRMSE is the Normalized Root Mean Square Error. r is
the correlation coefficient. n indicates number of daily mean value for sub domain.

Areas Bias (%) NRMSE (%) r n

Taklimakan desert +50 % 159% 0.74 1014
Mongolian Gobi desert −31 % 60% 0.51 897
Gurban desert +64 % 161% 0.54 937
Northern China desert −10% 65% 0.66 862
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Figure S1 (in supplements) represents the 550 nm AOD spatial distributions in a 1◦ × 1◦ resolution
for 2011, 2013 and 2015, as measured by the MODIS instrument and modeled by CHIMERE. Statistical
results for AODs spatial distribution comparisons are resumed in Table S1 (in the supplementary
section). A similar spatial pattern between simulation and observations can be noted corresponding to
a Pearson correlation coefficient of 0.68. For most of the grid cells, CHIMERE AOD underestimates
MODIS values (bias = −40 %), excepted over Taklimakan and Gurban desert areas, where AOD are
overestimated (bias = +50 % and +64 % respectively). Thus, this overestimation could partly be
induced by an excessive distribution of mineral dust mass into PM2.5.

Indeed, CHIMERE AOD mainly overestimates MODIS AOD for the two most dust emitting areas,
but a good daily correlation is obtained (Pearson correlation coefficient r = 0.74 for Taklimakan and
r = 0.54 for the Gurban desert). This statement is also verified for the Mongolian Gobi desert and
the Northern Desert (r = 0.51 and r = 0.66 respectively). These correlations show that the model
reproduces at least part of the dust emissions events in a correct timing.

Comparisons for 2011, 2013 and 2015 separately have shown similar results for 2011 and 2013.
As for Taklimakan example Pearson correlation coefficients equal r2011 = 0.76 ; r2013 = 0.77 bias equal
+59% and +51 %. In 2015, Pearson correlation coefficient is 0.69 and bias equals +39 %. The same
variability is found for Northern China desert area. For Mongolian Gobi desert, slightly more variability
is found between the three years, as for Mongolian Gobi desert area, Pearson correlation coefficient
equal r2011 = 0.60, r2013 = 0.41 and r2015 = 0.50, nonetheless bias is quite stable (−35 %, −27% and
−30%). A similar variability is found for the Gurban desert area.

Additional information is gained from AEROIASI retrieval, deriving AOD at 10μm. CHIMERE
AOD for dust at 10μm was calculated to compare with an additional independent instrument
particularly sensitive to the coarse fraction of aerosols. In this analysis only focusing on dust, we
have evaluated the model ability to simulate the occurrence of dust events (with AODs larger than
0.2). Frequencies (in %) of daily dust 10μm exceeding 0.2 in AEROIASI and CHIMERE are displayed
on Figure 3, covering 2011, 2013 and 2015 period (used here for model evaluation, but not as a
climatology). The AOD threshold is most likely to be exceeded in desert areas and both retrieval and
model highlighted the same patterns. Similarly, as in the MODIS comparison, the Mongolian Gobi
desert frequencies are underestimated and Taklimakan frequencies are slightly overestimated but well
reproduced.

Figure 3. (left) AEROIASI Frequency (%) of daily dust 10μm AOD > 0.2. (right) CHIMERE Frequency
(%) of daily dust 10μm AOD > 0.2. Frequencies are calculated over daily value for 2011, 2013 and 2015.
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An additional comparison has been done between AEROIASI and CHIMERE AOD with the
same criteria as done for the MODIS vs CHIMERE comparison. Similar results have been found for
the Taklimakan area (r = 0.75, n = 945, NRMSE = 134 %) with the notable exception for the bias
(bias = 9 %), which is rather small and much lower than the bias with respect to MODIS AOD at
550 nm. Distinctly of the 550 nm AOD, the 10μm AOD is mostly controlled by the coarser fraction of
dust aerosol. This aspect provides reliability on the amounts of dust simulated by CHIMERE, since
most of its mass corresponds to the coarse fraction of aerosols (85% of dust mass correspond to particle
larger than 2.5μm, q.v. Section 2.1).

3.1.3. Dust Vertical Dispersion

Over the Taklimakan area (39.5◦ of latitude), CHIMERE simulations shows desert dust vertically
transported up 4 and 8 km of altitude depending on the season, with a a marked vertical gradient
between the surface and the upper layers (see Figure 4 1st row). Such vertical distribution of dust
with a marked gradient over several kilometers is consistent with a climatology (2007–2015) of desert
dust vertical distribution over this area [67], done with measurements form the CALIOP instrument
([68,69], Cloud Aerosol Lidar with Orthogonal Polarization). However, dust plume transport appears
to be more vertically spread in CHIMERE simulations than in the CALIOP climatology in which
dust do not reach altitude higher than 6 km, while in CHIMERE simulations they can reach 10 km
of altitude. This excessive spreading in vertical transport modeling has already been observed for
simulation of volcanoes plumes [24,70,71], and it is a point which requires improvement (e.g., vertical
transport scheme or vertical resolution). As a consequence, mineral dust plume is transported over the
Himalayas (2nd row, 31.0◦ of latitude) a path that is not observed in [67] and pollutant in plume can
be excessively diffused, leading to low concentrations.

3.2. Dust Contribution to Urban Chinese Particle Pollution

3.2.1. Evaluation of PM Concentration Modeling

CHIMERE simulation results compared to measurements for PM10 and PM2.5 during 2013 and
2015 springs are displayed in Table 3. A model evaluation with surface measurements is necessary
to quantify model skills and limits. As China is a large country with various pollution sources
(anthropogenic or naturals), evaluation of surface concentrations is necessary to determine which cities
present lower uncertainties in the available database to afterwards evaluate the impact of dust on PM
load. PM content is underestimated in eastern and north—western areas, but slightly overestimated
over central and southern China compared to measurements. Also, in these areas, NRMSE is smaller
than over northern areas. The PM2.5 daily variation is better represented than PM10, with higher
Pearson correlation coefficients.

Mean, normalized bias, NRMSE and correlation are presented in Table 3, for three selected cities.
Normalized mean errors were calculated for PM2.5 and PM10, estimated respectively to 21% and 31%.
The authors of [72] suggest to evaluate PM modeling performances based on mean fractional bias and
error statistical indicators, expressed as in Equations (4) and (5) respectively:

MFB =
1
N

N

∑
i=1

(Cm − Co)

(Co + Cm/2)
(4)

MFE =
1
N

N

∑
i=1

|Cm − Co|
(Co + Cm/2)

(5)

where Cm is the CHIMERE estimated concentration at i station, Co the measured concentration at
station i, and N the number of available stations for the considered time period. The authors of [72]
suggest that model performances for PM is fairly good for the considered period if MFB is lower than
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Figure 4. CHIMERE dust concentration vertical profiles longitude cut for winter (1st column), spring
(2nd column), summer (3rd column) and fall (4th column). 1st row shows profiles for 39.5◦ latitude,
2nd row shows profiles for 31.0◦ latitude. Altitudes are calculated compared to sea level. All figures
are produced with 2011, 2013 and 2015 data. Beijing is identified on 1st row by the brown vertical line,
Chengdu is identified on 2nd row by the black vertical line and Shanghai is identified on 2nd row by
the red vertical line. Transect latitudes are displayed on Figure 2.

0.3 and MFE lower than 0.5. Both criteria are met for PM2.5(−0.002 and 0.14) and PM10(−0.21 and 0.24)
for MFB and MFE respectively (MFE and MFB values are calculated on all stations available in the
dataset see Section 2.3).

Table 3. CHIMERE Model PM10 and PM2.5 comparisons to hourly measurements from monitoring
stations for springs 2013 and 2015. n indicates number of hourly measurements.

Stations Meas Mean Bias (%) NRMSE(%) r n

Beijing PM10 120.7μg m−3 −26% 73% 0.47 2921
Chengdu PM10 165.1μg m−3 −10% 67% 0.69 3533
Shanghai PM10 85.9μg m−3 +05% 47% 0.69 2704

Beijing PM2.5 77.3μg m−3 −06% 57% 0.77 3556
Chengdu PM2.5 82.5μg m−3 +23% 64% 0.69 3648
Shanghai PM2.5 54.6μg m−3 +19% 55% 0.69 3341

We then evaluated PM2.5 over 2011, 2013 and 2015 for the three selected cities, from US embassy
data. CHIMERE vs US embassy PM2.5 comparisons results for 2011, 2013 and 2015 are shown in Table 4.
Daily time series for Beijing, Chengdu and Shanghai are displayed in Figure S2 (in supplement). 2011
measurements are available only for the Beijing station. The highest annual mean PM2.5 is observed
in Beijing (92.2μg m−3), and the lowest in Shanghai (55.3μg m−3). Measurements show for all of the
three stations a seasonal cycle, with highest pollution levels in winter and lowest pollution levels
in summer. It was observed in available time series that Beijing, Chengdu and Shanghai exceed
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Chinese standard for daily PM2.5 (75μg m−3; Ambient Air Quality Standards—National Standard
GB 3095-2012) respectively on 47%, 43% and 21% of available days. The daily PM2.5 variability is
correctly represented in CHIMERE with Pearson correlation coefficients of 0.75, 0.72 and 0.76 in
Beijing, Chengdu and Shanghai respectively. CHIMERE simulated PM2.5 overestimates measurements
values, particularly in Chengdu (+52%). Differences between measurements and simulations are larger
in 2015, maybe because of a decreasing pollution trend not completely reproduced by 2010 based
inventories [29]. CHIMERE also satisfies PM2.5 modeling performance goals as suggested by [72],
with a MFB and MFE of 0.19 for the three stations for the considered period.

Table 4. CHIMERE model PM2.5 comparison to daily measurements from monitoring stations for 2011,
2013 and 2015. n indicates number of daily mean measurements.

Stations Meas Mean Bias (%) NRMSE(%) r n

Beijing PM2.5 94.2μg m−3 +19% 61% 0.75 1085
Chengdu PM2.5 83.8μg m−3 +52% 69% 0.72 687
Shanghai PM2.5 55.3μg m−3 +24% 57% 0.76 723

3.2.2. Dust Contribution to Cities’ Air Pollution and Dust Origin

Figure S4 (in the supplementary section) presents PM10 and respective dust contributions for 2011,
2013 and 2015 spring seasons to PM10. As dust emissions present high variability (2015 emissions are
25% lower than 2011 emissions), dust impact to populated areas is also varying causing a significant
change of dust contribution in Beijing (from 25% in 2011 to 16% in 2015), Chengdu (24% to 18%) and
Shanghai (21% to 14%). It also can be noted that absolute PM10 values decrease between 2011 and 2015.

Figure 5 shows the monthly variability of dust contributions to PM10 in three Chinese cities,
Beijing, Chengdu and Shanghai. The specific desert mineral dust is originating from is also displayed
on Figure 5.

It can be observed for the three cities that the highest daily PM10 levels are reached during winter,
and the lowest ones during spring (for Beijing) or summer (Shanghai and Chengdu). Amplitudes for
these daily values are smaller for Shanghai, ranging from 60μg m−3 to 160μg m−3 than for Beijing and
Chengdu, ranging between 90μg m−3 to 250μg m−3. These values are particularly high compared to
Chinese National Standard GB 3095-2012 for PM10 in an urban environment, i.e., 24 h mean: 150μg m−3

and annual mean: 70μg m−3.
Seasonal differences can be explained by meteorological parameters, as winter presents low

temperature, low atmospheric dispersion and low rainfall frequencies and on the contrary, summer
presents higher temperature, thicker boundary layer and mainly, during monsoon, higher rainfall.
Anthropogenic pollutant emissions slightly increase during winter, but not with as much amplitude as
PM concentrations.

The mineral dust contribution to PM10 mean computed for 2011, 2013 and 2015 is 6.6 %, 9.5%
and 9.3% respectively for Beijing, Chengdu and Shanghai. It can be observed that mineral dust
has its highest impact on PM concentrations during spring (with contribution to PM10 for Beijing,
Chengdu and Shanghai of 18.9 %, 24.1% and 18.3% respectively). The authors of [73], using source
apportionment for spring 2009 calculated a dust contribution to PM2.5 up to 15% in Chengdu, which is
similar to CHIMERE dust contribution to PM2.5, of 12.5% (and 24.1% for PM10). For all cities, a smaller
contribution of dust during fall and almost no contribution during winter and summer were simulated.
As little emissions are observed during winter from desert areas (5% of annual total), it was expected to
have limited contribution to PM10 for this season. The summer period differs, as even if dust emissions
are large, only small impact from dust is observed, as already observed in Figure 4 on the distribution
of dust related AOD. Summer in China is a particular season, with high rainfall frequencies over East
China, because of monsoon. It is likely that atmospheric aerosols will be deposited because of rainfall,
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Figure 5. Dust contribution to PM10 pollution in Beijing, Chengdu and Shanghai—Monthly variation
calculated from 2011, 2013 and 2015 simulations. Ring plots show annual and spring contributors to
PM10 (bottom) and dust origin area (top) for the three cities. White dots variations in monthly PM10

concentrations for the three cities.

before reaching populated areas. Also, southerly monsoon winds are not prone for advecting dust
from western to eastern China.

Also, the Ångström median for spring decreases of 10% compared to annual Ångström at the
Beijing AERONET station, from 1.19 to 1.07, showing a higher contribution of coarse particulate to
pollution during spring. On the opposite, we note highest Ångström values (1.27) in winter which
indicate a larger contribution to finer particulate matter in the atmospheric column. This result is
consistent with CHIMERE simulations, with Ångström equal to 0.91 during spring and Ångström
equal to 1.32 for winter.

It can also be observed that dust origins are similar for Shanghai and Beijing, with mineral dust
coming from all of the main dust areas in equivalent proportions. Results are different for Chengdu,
localized in central China, with more than 50% of mineral dust coming from Taklimakan, and less
impact from Gobi and Northern China deserts than for Beijing and Shanghai. These results show
that all considered desert areas have an impact on cities pollution: even if 70% of dust in our model
is emitted from Taklimakan, it will represents less than 30% of the dust in Shanghai and Beijing,
and about 50% in Chengdu. For these first two cities, the Gobi and Gurban deserts are the largest
contributors (about 40%).

Dust load in Chinese cities origin has already been investigated, mostly using retro-trajectories [74,
75], the use of a tagging method from numerical computing provide an additional way to determine
dust origins. Using retro-trajectories, the study [75] estimates for Chengdu’s 2013 winter that for 2
days out 90, air pollution is controlled by air masses coming from Xinjiang region (mineral dust from
Taklimakan source area )—a statement similar to the very low contribution found for this season in
our results as a consequence of mineral dust low emissions.
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3.2.3. PM Chemical Composition and Comparison to Observations

Table S2 presents the CHIMERE simulated PM10 composition in Beijing, Chengdu and Shanghai.
For the three cities, the main contributor is anthropogenic mineral primary particular (AMPP). Nitrates
(NO−

3(p)) are second highest contributor, in Beijing and Shanghai, and 4th in Chengdu. In the three

cities, ammonium (NH+
4(p)) contributions are similar, but acid-base balances for nitrates and sulfate

(SO2−
4(p)) are different for Chengdu, compared to Shanghai and Beijing, with more sulfate and acidity

in Chengdu. Organic matter (OM, includes POA and SOA) is the third contributor in Beijing and
Chengdu, and the fourth contributor in Shanghai to PM10. BC in the three cities corresponds to around
6% of PM10 pollution. In addition, sea salt presents a little contribution of 3.3% to Shanghai PM10. It
can be noted that evaluating particles components in CHIMERE over China would be of great interest
but it is beyond the scope of this paper.

As a consequence, the previous analysis has to be considered as a preliminary semi-quantitative
analysis. Here, we will briefly discuss, how our model results correspond to results from observational
studies [76–78] even if measurement periods do not exactly correspond. Contributions comparisons
are condensed in Table 5 for an easier reading.

Table 5. CHIMERE contribution compared to bibliography.

Considered Species CHIMERE Reference City

BC ⊂ PM2.5 6.4% 5 %; [76] Beijing
OM ⊂ PM2.5 16.0% 20 %; [76] Beijing
NH+

4(p) ⊂ PM2.5 10.5% 10 %; [76] Beijing
NO−

3(p) ⊂ PM2.5 23.8% 15 %; [76] Beijing

SO2−
4(p) ⊂ PM2.5 11.2% 15 %; [76] Beijing

Dust ⊂ PM2.5 2.9% 7.5 %; [76] Beijing

SO2−
4(p) ⊂ PM2.5 21.3% 17 %; [77] Chengdu

SO2−
4(p) ⊂ PM10 17.5% 17 %; [77] Chengdu

NO−
3(p) ⊂ PM2.5 12.9% 10 %; [77] Chengdu

NO−
3(p) ⊂ PM10 10.0% 10 %; [77] Chengdu

SO2−
4(p) ⊂ PM2.5 14.6% 21.7 %; [78] Shanghai

NO−
3(p) ⊂ PM2.5 19.6% 19.6 %; [78] Shanghai

NH+
4(p) ⊂ PM2.5 10.4% 12.7 %; [78] Shanghai

OM ⊂ PM2.5 11.1% 20.2 %; [78] Shanghai

The authors of [76] study Beijing’s PM2.5 annual trends and chemical speciation between 2000
and 2015. Considering 2011, 2013 and 2015 observations, the study presents close results to CHIMERE
in Beijing for PM2.5 speciation, with 5% of BC (against 6.4%), 20% of OM (against 16%), 10% of NH+

4(p)

(against 10.5%). Results differ slightly between NO−
3(p)/SO2−

4(p) balance, with about 15% of each in the
measures, against 23.8%/11.2% in CHIMERE. Dust represents 7.5% of PM2.5 load but is measured as
“Soil dust” also includes road and construction dust in addition to mineral desert dust (2.9% in model).

The authors of [77] present Chengdu PM pollution chemical speciation between 2007 and 2013,
with its seasonal variability. An increase of NO−

3(p) between 2007 and 2013 when a decrease of SO2−
4(p) is

observed which is also observed in our simulations (2011 to 2015) and better described in [29]. SO2−
4(p)

abundances for both PM2.5 and PM10 range around 17% (for 2011 and 2013) which is quite similar to
modeled abundances (respectively 21.3% and 17.4%). NO−

3(p) contributions for PM2.5 and PM10 range
around 10%, when CHIMERE modeled, respectively, 12.9% and 10.0%. Al, Si and Ca represent together
about 20% of total PM, with maximum contribution in spring, but this does include anthropogenic
and natural crustal elements and cannot be directly compared to our modeling results of desert dust.
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The authors of [78] sampled Shanghai PM2.5 pollution composition from 2011 to 2013. Results
for Shanghai are quite similar to those observed in Beijing, with an underestimation of SO2−

4(p) (14.6%

against 21.7%) and OM (11.1% against 20.2%) but good correspondences for NO−
3(p) (19.6% against

19.6%) and NH+
4(p) (10.4% against 12.7%).

3.2.4. Daily Variability of PM10 Component Concentrations

PM10 components daily concentration distributions for Beijing, Chengdu and Shanghai are
displayed in Figure 6. Median values for dust concentrations correspond to few micrograms only,
in the three cities, which rank it as one of lowest contributors to PM10 pollution in our simulations, as it
has been also observed in Table S2, with mean concentration contributions. The additional information
provided in the Figure 6 is the daily variability of each component, and it appears that dust presents
the largest variability and in the three cities, the highest daily concentration among PM10 components
is due to dust (i.e., reaching 400μg m−3, 540μg m−3 and 350μg m−3 respectively for Beijing, Chengdu
and Shanghai). This particular aspect follows dust emissions dynamics, very localized in time (q.v.
Table 1, 5th column), and responsible of very strong pollution events. Thus, it is judicious to focus on
dust contribution to PM pollution events in cities rather than the average impact of dust, and this is
the key point of our work, exploiting the most original CHIMERE model abilities.

Figure 6. Boxplot distribution for simulated daily concentrations (1095 days considered) of species
contributing to PM10. (left) Beijing (center) Chengdu and (right) Shanghai. Model species correspond
to: Dust (only representing the desert and natural fraction), NH+

4(p) (ammonium), SO2−
4 (sulfate),

NO−
3(p) (nitrate), AMPP (Anthropogenic Mineral Primary Particulate matter—including soil dust

emitted from anthropogenic activities such as construction), OM (primary and secondary Organic
Matter, BC (Black Carbon), from biogenic and anthropogenic sources) and SALT (sea salt). Chinese
and WHO standards for daily PM10 have been added to evaluate the frequency of overshoot for
each species.

3.2.5. Dust Contribution during High Pollution Episodes

From Figure 7 and also Table 6 it can be observed for the whole period, that mineral dust is a
minor contributor to PM10 and even more to PM2.5 concentrations. For instance, for most of the days
(between 70% to 75%) for the three cities, the dust contribution to PM10 is below 10% (Figure 7), only
for 7.2% to 11.0% of days, dust it is more than 25 %. When studying the 25% most strongly polluted

137



Atmosphere 2020, 11, 708

days, dust have slightly larger contributions for Chengdu and Shanghai, but not for Beijing. For the
first two cities, this means that the dust presence is correlated with pollution events, although it is
generally not dominant. On the contrary, for Beijing, PM pollution events occur during winter due to
anthropogenic sources, and dust has only little impact on air pollution for this season.

Figure 7. (a) Percentage of days when dust contributes between 0–10%, 10–25%, 25–50%, 50–75%
and 75–100% to daily PM10 averages; (b) same as (a), but for spring only; (c) Same as (a), but for the
25% of most polluted days only (in terms of PM10 level); (d) Same as for (c), but for spring only.

If we focus now on spring season, we can identify a larger impact from mineral dust to cities
PM pollution, an impact which gets even stronger when selecting the 25% most polluted PM10 days.
During spring, PM10 pollution events can frequently be affected by dust in addition to anthropogenic
PM pollution sources: the dust contribution is higher than 25% for 22% of days for Beijing, as much as
52% for Chengdu and 43% for Shanghai. To a lesser extent, mineral dust is implied to PM2.5 events
(Fraction of 9% for Beijing, 19% for Chengdu and 14% for Shanghai).
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Table 6. Fraction of days when the dust contributions to daily PM2.5 or PM10 are at least 25 %. These
values were calculated for Beijing, Chengdu and Shanghai, and for various samples: all days in 2011,
2013 and 2015, only for the spring season, for days with the largest pollution (in terms of PM2.5 and
PM10 respectively), for these latter days, but only during spring. As an example the table reads as
follows: For Chengdu, during the 25% most polluted days in spring 2011, 2013 and 2015, 52% of days
displayed dust contributions larger than 25 %. P75,Year/P75,Spring indicates the PM10 75th percentiles
value. They are threshold values, above which a day is considered as one of the 25% most polluted
days. pol. days stands for “polluted days”, with [PMx] > P75,PMx . F.o.d stands for “Fraction of days”.

Cities and
Species

days year−1/

days spring−1

with Dust
contrib.> 25%

(Year/Spring)
F.o.d with Dust
contrib.> 25%

P75,Year/
P75,Spring
(μg m−3)

(Year/Spring)pol. days
F.o.d with Dust
contrib.> 25%

Beijing PM2.5 7.3/7.3 0.02/0.08 144/97 0.02/0.09
Beijing PM10 25.5/16.4 0.07/0.18 185/123 0.04/0.22
Chengdu PM2.5 14.6/10.1 0.04/0.11 150/128 0.05/0.19
Chengdu PM10 40.1/28.3 0.11/0.31 206/183 0.14/0.52
Shanghai PM2.5 10.9/04.5 0.03/0.05 94/84 0.06/0.14
Shanghai PM10 29.2/17.3 0.08/0.19 122/112 0.15/0.43

Additional information from the AERONET station located in Beijing (see Figure S3 in
supplements) shows that the fraction of days with Ångström coefficients below 0.4 (which characterizes
a dominant dust contribution to the PM column) is nearly a factor of 2 larger for spring than for the
rest of the year. The same increase is observed from simulated Ångström coefficients. In addition,
for the 25% of days with the largest AOD values, the Beijing AERONET station shows a larger fraction
of days with an Ångström coefficient below 0.4: 0.04 for all seasons, and 0.08 for spring only. These
values are somewhat higher than in CHIMERE (respectively 0.02 and 0.06). As a conclusion, also for
AOD, the dust contribution is for most of the days not dominant.

4. Conclusions

In this study, we aimed at evaluating the impact of mineral dust on air quality in three Chinese
megacities with the regional CHIMERE CTM. Modeled dust emissions average 283 Mt.year−1,
with about 70% emitted from Taklimakan area, 23% emitted from the Gobi desert and 6.5% emitted
from Northern China desert. MODIS information was used to validate correspondences between
CHIMERE AOD and satellite AOD variation, and results appeared to be satisfying, which allows us to
then study the dust contribution to cities’ air pollution. It has been chosen to focus on Beijing, Chengdu
and Shanghai, because of their large population and different geographical locations with respect
to emission zones. We have estimated the impact of dust on cities’ air pollution: we found average
contributions of 10μg m−3 (6.6%), 17μg m−3 (9.5%) and 9μg m−3 (9.3%) to PM10 in Beijing, Chengdu
and Shanghai respectively. These values values must be taken into account while evaluating Chinese
cities air quality, as they represent a significant burden for the cities air quality in regards to the annual
WHO threshold of 20μg m−3. The dust contribution is highly seasonally dependent, with highest
contributions during spring, when contributions to PM10 reach 22μg m−3 (18.9%), 37.0μg m−3 (24.1%)
and 12μg m−3 (18.3%). In Beijing and Shanghai, dust is advected rather equally from all main Chinese
deserts, while in Chengdu, it originates mainly from the Taklimakan desert. Analysis for days with
enhanced PM10 pollution (above the 75th percentile) especially in the spring season shows that dust is
often a main contributor (dust contribution larger than 25%) during PM10 polluted days especially in
the spring season: this holds at 22% of the days for Beijing, 52% for Chengdu and 43% for Shanghai.
Considering all seasons, the impact on polluted events is smaller, especially during winter, when
particulate matter pollution mostly originates from anthropogenic sources. Finally, if mineral dust do
not represent a predominant source compared to anthropogenic pollutant on average, mineral dust
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alone leads to an exceedance of the daily WHO threshold for PM10 (50μg m−3) in Bejing for 10 days
per year, 29 days per year in Chengdu and 13 days per year in Shanghai.

In the future, dust vertical transport modeling should be investigated more deeply and compared
to products which contains information on vertical dispersion (CALIOP [69], AEROIASI [59]).
In addition, updated emissions inventories should be used and SOA modeling should be improved
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Abstract: The Positive Matrix Factorization (PMF) receptor model is used for identification of
source contributions to PM10 sampled during the period January 2019–January 2020 in Sofia.
More than 200 filters were analyzed by X-Ray Fluorescence (XRF), Inductively Coupled Plasma
Mass Spectrometry (ICP-MS), and Ion chromatography for chemical elements and soluble ions.
Seasonal patterns of PM10 mass and elements’ concentration are observed with minimum in the
summer months and maximum in the cold period. The results from source apportionment (SAP) study
showed that the resuspension factor is the main contributor to the total PM10 mass (25%), followed by
Biomass burning (BB) (23%), Mixed SO4

2− (19%), Sec (16%), Traffic (TR) (9%), Industry (IND) (4%),
Nitrate rich (4%), and Fuel oil burning (FUEL) (0.4%) in Sofia. There are some similarities in relative
contribution of the main factors compared to the years 2012–2013. The differences are in identification
of the new factor described as mixed sulphate as well as the decrease of the FUEL factor. The results
of comparing SAP with EPA PMF 5.0 and chemical transport models (CTM), given by Copernicus
Atmosphere Monitoring Service, are presented and discussed for the first time for Bulgaria.

Keywords: PM10; chemical characterization; source apportionment; PMF

1. Introduction

Urban air pollution is the 10th most important risk factor for human health in the middle and
high-developed countries according to the World Health Organization [1]. In a number of European
countries, the main problem with air pollution in cities is related to exceedances of limit values for
nitrogen oxides and fine particulate matter (PM) [2].

Air particulates are emitted into the atmosphere by a number of anthropogenic sources such as
energy, industry, road transport, the burning of various solid and liquid fuels, and waste incineration.
Natural sources, such as resuspension and erosion of soils, marine aerosols and volcanic eruptions,
and formation of secondary particles by biogenic emissions, can also be significant depending on
the region [3]. The harmful effect of air particulate on human health depends mainly on its size
(Total Suspended Particulate, PM10, PM2.5, PM1), its concentration, and its chemical composition.
Fine PM is easily deposited in the respiratory tract where they cause inflammations and diseases of the
respiratory and cardiovascular system [1,4].

Southeast Europe is one of the hot spots on the continent with exceedances of PM10 limit
values [2,5,6]. In Bulgaria many towns face problems with high PM10 concentrations, especially during
the winter [7–9]. It is reported that the highest number of exceedances of daily permitted
PM10 concentration (50 μg m−3) for 2017 are registered in Bulgaria: Plovdiv—127, Burgas—116,
and Sofia—96 μg m−3.

Atmosphere 2020, 11, 890; doi:10.3390/atmos11090890 www.mdpi.com/journal/atmosphere145



Atmosphere 2020, 11, 890

Sofia is the most densely populated area in the country with a number of different air pollution
sources from the industrial, traffic, and domestic sector. The city is located in a semi closed valley because
of which unfavorable meteorological conditions contribute to the accumulation of pollutants [10–12].
Recent studies on PM elemental composition [13–15] indicate a distinguished seasonal pattern in the
macro- and microelements concentration with maximums during the cold period of the year. This is
due to the temperature inversions and stable stratification in the atmospheric boundary layer that
creates conditions for limited dispersion of airborne particulates. The emissions of PM and precursor
gases in winter increase because of the domestic heating [11,13,15].

The regulatory air quality monitoring network in Sofia is comprised of five stations in the city
and one at a nearby mountain site (about 800 m above the Sofia valley). The data from the regulatory
network is not sufficient to understand the distribution of pollutants in the complex environment and
the impact of potential sources of emissions. Chemical transport models (CTM) have proven useful
to fill in gaps in observations. They are also widely used to forecast pollutant concentrations and to
simulate effects of different emission scenarios. The Bulgarian chemical weather forecasting system,
running operationally since 2012, provides surface concentrations for the region of Sofia [16] but it
underestimates observed PM mass concentrations mainly due to lack of detailed emission inventories
on a small and regional scale [17]. Other important factors, like soil and road dust resuspension, are also
not treated in the modelling system. For this reason, it was not used for source apportionment studies
in Bulgaria. Other methods for apportioning of PM mass concentrations sources are receptor-oriented
methods, which are based on observations for the PM chemical composition at a specific site.

Receptor oriented models are applied for many tasks in studying urban air pollution in many
countries and regions not only in Europe but in Asia, North Africa, North and South America [18–24].
One of the most promising approaches is the advanced factor analysis technique (Positive matrix
factorization—PMF), developed by Paatero and Tapper [25], further improved with the Multilinear
Engine algorithm [26] and the error estimation procedures [27].

The success of applying receptor methods depends on the availability of data for the PM chemical
composition and their quality. For Sofia, such data was obtained during the short time experimental
campaigns during 2012–2013 [13,15]. Some of this data was used for a source apportionment study for
some cities in the Danube region [28], which was first of a kind for Bulgaria.

In this work, we present results from newly obtained data on the chemical composition of PM10
in Sofia, covering one year (January 2019–January 2020). The data was analyzed using the Positive
Matrix Factorization model recommended by the US Environmental Protection Agency (EPA PMF 5.0)
following the recommendations given in [29,30]. The results are compared to previous analysis for
Sofia [28].

2. Materials and Methods

2.1. Sampling Site

Sofia is the capital and the largest city in Bulgaria, located in the western part of the country
(Figure 1). According to 2018 data, the city has a population of 1.3 million inhabitants [31]. Sofia is
placed in the semi-closed Sofia valley surrounded by many mountains: Vitosha Mountain to the South
with highest peak Cherni Vrah of 2290 m; Ljulin to South-West; Balkan and Murgash Mountains
(1687 m) to the North and Northeast, and parts of Sredna gora; Lozen Mountain to the South-East
(1226 m height), and Vakarel mountains to the East (700–900 m). Sofia valley is 75 km long (in direction
NW to SE) and from 5 to 20 km wide. This topography of the city prevents dispersion of the pollutants
and results in unfavorable air quality conditions [15]. Sofia has a humid continental climate with an
average annual temperature of 10.4 ◦C. The regime of precipitation has a well-expressed continental
character—the quantity of precipitation in the winter is substantially lower than in the summer.
The complex relief of the Sofia valley also influences the wind regime. The winds are usually weak
with a high number of days with calm conditions (about 40%). The prevailing wind directions are from

146



Atmosphere 2020, 11, 890

west (more than 26%) followed from east, south-east, and south-west. The inversions are frequent in
more than 50% of days in the year, mainly in the autumn and the winter [10,11].

 
(a) (b) 

Figure 1. Maps with main point source of SO2/SOx (a) and PM10 (b).

The main point emission sources of SO2 in the country (from west to east—about 400 km) and
PM10 from industrial facilities in Sofia region are shown in Figure 1a,b. The main SO2 sources are coal
fired thermal power plants (TPP). The biggest TPP in the Balkan Peninsula is located in south-east
Bulgaria. Two other TPPs are located south-ward of Sofia at 30–60 km distance. The biggest industrial
plant in the region of Sofia is a copper production plant (60 km to the east of the city) and cement
plants (60–70 km to the north, north-east of the city).

PM sampling was carried out at the Central Meteorological Observatory (CMO) in Sofia (42.655 N,
23.384 E, at 586 m a.s.l.) (Figure 2). This is an urban background (UB) site located within the NIMH
campus (south-east part of the city) not far away from the main traffic roads—Tsarigradsko shose and
Malinov str. Being a populated area, it is also influenced by domestic emissions, including residential
wood burning in the suburban and districts in the outskirt of the Vitosha mountain.

 

Figure 2. Map with Automatic monitoring stations (AMS), NIMH site, and sampling instruments.

2.2. PM10 Sampling, Chemical Analysis, and Data Quality Control

PM10 samples were collected on a daily basis (24 h) with 3 different standardized low volume
samplers (2.3 m3 h−1), according to EN-12341 standard: Tecora Echo PM Sampler, LVS—Sven Leckel
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GmbH, and automatic sequential sampler SQ1 (Giano and Gemini—Dado Lab company). All samplers
were placed in CMO on a grass filed and the sampling heads were at 2 m. a.g.l (Figure 2). The samples
were collected every day at 9:00 LST (local standard time). A total of 289 PM10 samples were collected
on a quartz fiber filter (47 mm, Whatman QMA) during the period from 7 January 2019 to 2 February
2020 (67 samples with Tecora, 63 by SVL and 151 by SQ1). The samplers were in operation as follow:
the Tecora from 7 January to 22 April 2019, and from 11 December to 15 December 2019; the LVS
sampler from 13 February to 25 April 2019, and the SQ1 from 30 March 2019 to 18 April, from 24 June to
31 July 2019, from 11 September 2019 to 2 February 2020. The PM mass concentrations were obtained
by gravimetric analysis (EN12341) with analytical balance (Mettler Toledo, MS105DU/M).

To ensure compatible results and as a part of quality control simultaneous, sampling was performed
in 42 days with Tecora and SVL. PM10 samples with SQ1 were also simultaneously collected 20 days
in April and 3 days in December. The results of PM10 mass concentration in these samples are
summarized in Table S1 (in the Supplementary Materials). The difference in the concentration between
Tecora and SVL samplers vary from 0% up to 15% in fewer than 41 days. The regression can be
written as PM10 (Tecora) = 1.046 × PM10 (SVL)—0.0574 with R2 = 0.985. The mass concentrations
obtained with SQ1 are slightly higher. It was decided to make no corrections in the derived PM10
mass concentrations but to increase the uncertainty when PM10 mass is analyzed with the EPA PMF
5.0 software.

The analyses for PM10 elemental composition were performed in the Institute for Medical
Research and Occupational Health, Zagreb by Energy Dispersive X-Ray Fluorescence (ED XRF)
technique (PANalytical Epsilon 5 Instrument). This technique was successfully tested and applied in
previous studies [28,32,33].

Soluble ions from the punch of 1
4 of the PM10 filters were analyzed in the certified laboratory

“Aquateratest” Sofia by the Ion Chromatograph (ICS 1100, DIONEX), ICP OES (Vista MPX CCD
Simultaneous, Varian) and the Spectrophotometer S-20, following standards: EN ISO 10304-1:2009,
EN ISO11885:2009, and ISO 7150-1:2002. The elements and the number of samples above the Detection
Limit (DL) are given in Section 3.1. The results for elemental concentration were compared to the
measured ion concentration and high correlation was observed for Ca/Ca2+ Cl/Cl−, K/K+ (with few
outliers). In case of Sulfur and SO4

2− time series, the agreement between measured concentrations is
acceptable (Figure S1 in the Supplementary Materials).

The concentrations of the analyzed elements and ions were measured in some simultaneously
collected samples. The comparison of some elements in the filters collected with different samplers is
presented in Figure S2 (in the Supplementary Materials). The concentrations of macro-elements like S,
Cl, K, Ca, Fe are very close in both PM10 samples with R2 about 0.90. Some of the microelements with
concentration close to the DL show higher variability. The Scandium, detected mainly in Tecora PM10
samples, was not taken into account in further analyses.

2.3. Source Apportionment by PMF

The analysis was performed on 231 samples using the free software EPA PMF 5.0, implementing
the ME-2 algorithm developed by Paaero et al., 2014 [27]. PMF is an advanced factor analysis
technique that uses measured concentrations and their uncertainties to solve the mass balance equation
X = G × F + E, where: X is the chemical composition matrix; G is the source contributions; F the factor
profiles; and E the residual.

Strong, weak, and bad variables were selected according to their S/N (signal to noise ratio),
as defined by Paatero and Taaper, 1994 [25]. Error estimation (EE), Bootstrap (BS), and Displacement
(DISP) methods were used for analyzing factor analytical solutions. The uncertainty of elements is
based on an estimate of the uncertainty for each species in a sample. The values below the detection
limit were substituted with 1⁄2 of the DL and the corresponding uncertainty with 5⁄6 of the DL [34].
The analytical uncertainty for all soluble ions was set to 10%. Extra modeling uncertainty of 10% was
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used. One sample (25 April 2019) was excluded from the PMF analysis because of the presence of
many outliers, most of which were crustal elements.

The solutions with different number of factors (from 4 up to 9) were tested. As it is recommended,
one hundred simulations were performed and the differences in scaled residuals between the different
simulations were very low. The summary of input data, EPA PMF settings, output data, and error
estimation (EE) are presented in Section 3.2.

2.4. Source Apportionment by Copernicus Atmosphere Monitoring Service (CAMS) CTM

The source receptor (SR) analysis for Sofia, available from the Copernicus Atmosphere Monitoring
Service (CAMS) on Policy Support [35], gives insight to the origin of PM10—the contribution by
local/non-local and natural sources, the geographical origin, and the speciation. The SR analysis for 2019
and the four seasons, provided by CAMS, is based on two state-of-the-art chemical transport modelling
systems. It is running operationally to forecast daily speciation for major EU cities—EMEP/MSC-W
rv4.15, further on EMEP [36], and LOTOS-EUROSv2.0 [37]. Both models are run by one meteorological
driver (ECMWF-IFS) and emissions input (TNO-MACC-III for 2011), but have different approach
in the additional simulations for SR analysis—perturbation of emissions (EMEP) and labeling
approach (LOTOS-EUROS). Further details on the models set up for SR analysis is given by [38,39].
The comparison of these two modelling systems for Sofia is useful to understand model uncertainty
and to identify long-range transport effects on the chemical composition of PM10.

The results for Sofia refer to an area of 60 × 60 km (interpreted as “local”) and, considering the
characteristics of the region, it is rather coarse and inhomogeneous, including the city, a part of Vitosha
Mountain, and another town (Pernik) in southward direction. Thus, the SR analysis from the two
modelling systems is used here to highlight the chemical composition of background PM in the region
of Sofia.

3. Results and Discussion

3.1. PM10 Mass Concentrations

The mean annual PM10 concentrations and the number of exceedances measured by Automatic
Monitoring Stations (AMS) of the national Executive Environmental Agency, Ministry of Environment
and Waters presents a clear tendency of decrease in Sofia municipality since 2011 (Figure 3a). The number
of days with mean daily concentration above 50 μg m−3 (EU daily limit value) exceeds 35 at 4 of 5 urban
background AMS in 2019. There are 65 days with exceedance in AMS Nadejda (NW part of the city) [8].
The mean PM10 quarterly concentrations (I, II, III, and IV quarter) for air quality monitoring stations in
Sofia are presented in Figure 3b. Clear seasonal pattern of PM10 concentration with maximum in the
cold period of the year (from October until March) is due to variations in meteorological conditions and
an increase in the number and strength of the sources. Time variation of PM10 data in this experimental
study presented on Figure 4 is similar to that described for previous years based on mean quarterly
concentrations with maximums in the January, February, November, December 2019, and January 2020.
Minimums are observed in summer months when intensive turbulent mixing and a high atmospheric
boundary layer (ABL) are present, resulting in lower measured concentrations. It is important to note
that on a daily scale the pollutants and PM10 in particular are well mixed in the urban boundary
layer. This is proved with high correlation of PM10 values between the 5 AMS stations. During 2019,
the coefficient of determination R2 varies from the lowest 0.79 (Pavlovo-Drujba) to R2 = 0.91 between
the AMS Hipodruma, the most eastern AMS Mladost, and the west-northern AMS Hadejda stations.
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(a) 

(b) 

Figure 3. Mean annual (a) and mean quarterly (b) PM10 concentrations in AMS.

The average PM10 concentration in this study (30.9 μg m−3) is close to the reported mean value
(29.9 μg m−3) in the AMS Mladost, placed in the NIMH yard at a distance of 150 m from sampling site.

Figure 4. Mass PM10 concentration and daily limit value.

The percentage of the highest daily concentrations (>50 μg m−3) is 10%. In the neighboring station,
the days with exceedance were 30. The summarized results of chemical composition in PM10 samples
are given in Table 1.
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Table 1. Statistical results for the measured PM10 and element concentrations in ng m−3.

Species Mean Median Max Min STDEV Count % of Conc >DL

PM10 30,861 26,582 157,512 6063 18,974 234 100.0%
Al 992 911 2195 604 363 20 8.5%
S 537 468 2070 65 305 234 100.0%
Cl 244 94 2282 2 380 233 99.6%
K 261 209 1606 28 213 234 100.0%
Ca 872 752 4370 15 686 234 100.0%
Sc 3.37 3.51 5.32 1.99 0.95 29 12.4%
Ti 24.1 19.5 157.5 1.7 19.6 227 97.0%
V 1.69 1.55 2.50 1.30 0.46 6 2.6%
Cr 2.13 1.92 4.45 0.91 0.86 66 28.2%
Mn 17.6 13.9 87.6 2.7 13.0 228 97.4%
Fe 542 425 4110 65 485 234 100.0%
Co 2.4 2.4 2.8 2.1 0.2 8 3.4%
Ni 2.6 1.8 5.7 1.2 1.4 107 45.7%
Cu 36 25 235 3 34 234 100.0%
Zn 101 56 960 1 131 233 99.6%
Br 4.3 3.7 21.1 2.1 2.5 132 56.4%
Sr 4.4 3.6 29.2 2.0 3.3 117 50.0%
Zr 0.004 0.003 0.010 0.002 0.001 88 37.6%
Mo 0.010 0.006 0.023 0.003 0.007 84 35.9%
Cd 5.3 4.5 8.9 3.8 1.5 17 7.3%
Sn 12.5 11.3 26.2 6.7 5.9 12 5.1%
Sb 10.3 9.5 20.7 6.3 3.3 72 30.8%
Ba 29.1 20.0 368.1 12.6 35.2 130 55.6%
Pb 13.1 10.2 65.0 4.9 9.5 200 85.5%
Cl- 314 134 3087 28 489 217 92.7%

NO3
− 1868 1319 10,196 194 1509 221 94.4%

SO4
2− 3026 2658 10,399 415 1706 234 100.0%

Ca2+ 766 663 4246 21 613 234 100.0%
K+ 361 262 2025 24 317 203 86.8%

Mg2+ 126 110 647 8 90 234 100.0%
Na+ 375 309 1800 9 277 220 94.0%

NH4
+ 754 533 4018 48 719 189 80.8%

The data for Sodium (Na), measured by ED XRF, is not included in Table 2 because of its high
concentration in the second batch of the blank filters. Some elements were above DL in only 2 or 4 days
(Ag of about 5 ng.m−3 Rb of 2.6 ng.m−3 and Y of 0.002 ng.m−3).

The concentration of sulfate ions (SO4
2−) is the highest one, with a mean value of 3.03 μg m−3,

followed by nitrate (NO3
−) of 1.87 μg m−3, and then in decreasing order by Ca2+, Na+, K+, Cl−,

and Mg2+. The mean SO4
2−concentration is comparable with the measured in eastern, sought

eastern, and part of central sites of EMEP network in Europe [40]. It is lower than reported for the
years 2012–2013 [28] as it can be expected from a decrease of SO2 emissions on the continent [2].
The concentration of NO3

− and other ions are comparable to those for some European countries [25,41]
and lower than reported for sites in Asia [42,43]. PM10 in Sofia is enriched with Fe, Cu, Mn, and Zn in
comparison to other European sites [44–46], which is a distinguished signal of industrial activities.
Their concentrations are near to those observed in Barcelona, Porto, Milano, Firenze, and Athens [24]
and lower in comparison with denser and more industrialized as Turkey [46] and Asian regions [47].

3.2. Source Apportionment Results

Several factors were tested (4–9) in order to obtain the optimum PMF solution. The solution
with eight factors was chosen with regard to the highest number factors with physical meaning.
The important summary of input and output data are summarized in Table 2. The identification of
the factors is based on the key elements in the source fingerprint and the correlations between them.
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The diagnostic tests indicated acceptable Q/Qexp values (<2) for the majority of the elements, with the
exception of Pb. The obtained ratio between the Qtrue and Qrobust values is lower than the value of
1.5 [48]. The PM mass reconstruction was satisfactory with R2 between modeled and real PM mass
higher than 0.89 (Figure S3). The unaccounted PM10 mass is 3%. In the BS test, the obtained factors
were mapped in >99%, with the exception of Traffic and Mixed SO4

2− (that were mapped 86% of the
time) (Table 2).

Table 2. Summary of the Positive Matrix Factorization (PMF) input and output data.

Input Data

Data
PM10, Al, S, Cl, K, Ca, Sc, Ti, Cr, Mn, Fe, Ni, Cu, Zn, Br, Sr, Zr, Mo, Sb, I, Ba, W,

Pb, Cl−, NO3
−,SO4

2−, Ca2+, K+, Mg2+, NH4
+, Na+

Number of factors 4–9 (8 final)
Total variable PM10—weak

No. of used species
24

Strong: Cl, Ti, Mn, Fe, Cu, Zn, Br, Sr, Pb, NO3
−, SO4

2−, Ca2+, K+, Mg2+, NH4
+

Weak: Cr, Ni, Zr, Mo, Sb, Ba
№ of BS runs 100

BS random seed 88
Min. Correlation R-Value 0.6

FPEAK test Yes (Fpeak 0)

Output Data

Q(Robust) 2522.17
Q(True) 2524.69

Qexp 1886
Q (Robust)/Q (true) 1.001

Q (Robust)/Qexp 1.338
Species with Q/Qexp >2 Pb,

DISP %dQ 0
DISP swaps 0

Mapping of bootstrap
factors to base factors:

Secondary, Industry, Nitrate rich—100%,
Resuspension, BB, Fuel oil burning—99%,

Traffic, Mixed SO4
2−—86%

Sources of ambient PM10 have been grouped into 8 categories: Resuspension (RES), Secondary (SEC),
Biomass burning (BB), Traffic (TR), Industry (IND), Nitrate rich, Fuel oil burning (FUEL), and Mixed
SO4

2−. In order to be sure in factors/source definition, they were compared with chemical profiles from
the European database SPECIEUROPE [49]. The chemical factor profiles (the relative mass contribution of
each chemical species to PM mass, μgμg−1) and factor contribution (% of each species apportioned to the
factors) are presented in Figure 5. The temporal variations of all factors/sources identified by PMF for
Sofia are presented in Figure S4 in the Supplementary Materials. The obtained source contribution to
the PM10 mass concentration on annual and seasonal bases as pie chart and daily source contributions
(μg m−3) are presented in Figure 6.

The Resuspension (RES) factor is dominated by crustal elements such as Mg, Ca, Ti, Sr, Mn,
and Fe [25,28]. The name ‘’resuspension” includes contribution from soil and road dust resuspended
into the surface air layer from wind blow and mechanically induced resuspension of air particulate
from the vehicles. The presence of Zn, Cu, Ni, Sb, and Mo in this factor also suggested a slightly
mixed with non-exhaust traffic source [24]. The minimum contribution is observed in the beginning of
2019 (January–February) and the maximum in the middle of December 2019, when stagnant weather
conditions with prolonged inversion and presence of fog led to high PM10 concentrations (Figure S4
in the Supplementary Materials). The relatively high impact of RES (33%) is connected to the dryer
periods (Figure 6d). In 2019, significantly lower monthly precipitation amounts were measured.
After June and in December 2019 and January 2020, the monthly sum of precipitation was below 60%
of the climatic norm. The RES source on annual base is the main contributor to the total PM10 mass
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in Sofia (25%) and is close to the one obtained on a smaller number of samples at the same site in
2012–2013 [28].

Figure 5. Factor contribution and source chemical profiles.

The biomass burning (BB) factor contains high concentration of the main tracer K+. Other chemical
species, such as Cl−, SO4

2−, Zn, Pb, and Br, were also associated with this source [21,24,41,50]. The BB
presents a typical seasonal trend with higher contributions in winter that gradually decrease to
minimum levels in the summer (Figure S4 in the Supplementary Materials). This factor has a small
contribution in the summer, probably due to forest fires [51]. The contribution of BB source to PM10
mass on an annual base is 24% (Figure 6a). As expected, the maximum is observed in the cold period
with 32% (January and February 2019) (Figure 6b) and 29% (December 2019, January 2020) (Figure 6f).

The chemical profile of “Mixed SO4
2−” suggested a complex origin characterized by high

concentrations of SO4
2−, Fe, Ca, Mg, Cu, and Pb. The concentration of this factor was rather stable

during the study period with a maximum in the summer. The presence of elements such as Ca,
Fe, Zr, and Mo suggested a combination of coal and waste combustion in power plants or cement
factories [29,52,53]. Recently, in Bulgaria, cement plants use coal, tiers, and RDF as alternative fuel
(Bulgarian National Emission Register, annual reports for 2018/2019) [53,54]. The back-trajectory
analysis for some days with high contribution of this factor showed prevailing directions from
N and S-SW (Figure S5 in the Supplementary Materials). In both directions there are industrial
plants with official permission for RDF burning (Bulgarian National Emission Register), confirming
regional influence.
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(a) (b) (c) 

   
(d) (e) (f) 

 
(g) 

Figure 6. Source profiles (%) on annual (a) and seasonal bases (b) Jan and Feb 2019; (c) Mar and Apr
2019; (d) Jun, Jul and Sep 2019; (e) Oct and Nov 2019; (f) Dec 2019 and Jan 2020), and daily source
contributions to PM10 (g).

Secondary aerosol (SEC) was dominated by inorganic ions (ammonium sulphate and ammonium
nitrate). Secondary inorganic aerosols may be associated with “long range transport”. The residence
time of sulphates and nitrates in the atmosphere is between 3 and 9 days [3] and is frequently associated
with “aged air masses” due to the slow oxidation of SO2 to SO4

2− [55]. The presence of anthropogenic
elements (e.g., Br, Pb) indicated aged primary emissions mixed with secondary sulphate. A contribution
of this source was 16% of the total mass and expressed a seasonal trend [28]. The maximum contribution
of SEC factor was observed in January 2020 (35 μg m−3), when the height of ABL was low and fog
occurred. (Figure S4 in the Supplementary Materials).

The traffic (TR) factor is primarily composed by NO3
− and elements as Ca, Zn, Sb, Cr, Mg, Fe,

and K+ (markers for non-exhaust traffic emissions). NO3
− is deriving from the ageing of exhaust

gases [56,57]. Several studies have shown emissions of Zn, Sb, and Cr, which are associated with brake
wear, tires, and lubricants [58–61]. According to Diapouli et. al, 2017 [62], the concentration of Zn
is approximately 15 times higher in tires compared to brakes, while concentrations of other heavy
metals such as Fe, Sb, Cu, and Ba were higher for brake materials. The elements Ca, Fe, K, and Mg are
mostly attributed to road dust [24,28,63]. The lack of information about BC or EC/OC concentration in
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this analysis probably leads to some mixing of this source with others, like biomass burning. The TR
accounts for 9% of the measured PM10. The TR source has a slightly seasonal pattern with maximums
in the cold periods in Sofia (13 μg m−3).

The Industry (IND) factor is characterized by high levels of Cu, Zn, and Pb, markers of industrial
emissions [24,41]. This factor is associated with local copper alloys and glass production (the Glass
factory Drujba is located in the city at about 15 km and the Copper alloy factory is at about 4 km
distance from the sampling site) (Bulgarian National Emission Register). The IND source is permanent
during the year with some maximums during the cold period when the prolonged inversions occurred
(Figure S4 in the Supplementary Materials). The IND factor contributes with 4% to the total PM10 mass.

The Nitrates rich factor is composed mainly by NO3
−, Cl, and Na and a mixture of Ca, K+, and Fe.

According to Kocak et al., 2011 and Eleftheriadis et al., 2014, [42,63], the presence of Na+ indicates the
production of NaNO3 due to the interaction of sea salt aerosol with anthropogenic gaseous precursors
(NOx). Nitrate is more often related to local rather than regional sources. The mixture of pollutants
emitted from both anthropogenic and natural sources, and their interaction and transportation to the
receptor site is reflected by the presence of mixed source profiles [64]. The contribution of this factor
to the PM10 mass is 4% on annual bases. The Nitrates rich source has seasonality in its contribution
to PM10 mass, with a maximum in the cold periods (7%) and a minimum in the summer (1%).
The Nitrates rich factor is also related to oxidized local gaseous NOx emissions from thermal power
plants (TPP) working on natural gas, which supply thermal energy in more than 60% of households in
Sofia. This source can be called Secondary nitrate following [24] or Nitrates/Aged Sea Salt [42,62,63].
They explain “as oxidation product of NOx emissions (road traffic and industrial plants)” in the five
AIRUSE cities Barcelona, Florence, Athens, Porto, and Milan.

The Fuel oil burning (FUEL) factor is characterized by high concentration of Ni, key tracers for oil
fuel, and Na, Ti, Sb, Cr, Ba, and Mo [42]. This factor represented 0.4% of the total PM10 (Figure 6a) mass
(0.14 μg m−3) which is lower than observed for other sampling sites in Europe (0.8-1.0 μg m−3) [24].
One of the known minor sources is fuel oil burn up, when the gas boilers of TPPs begin to operate.
The higher contributions observed in the spring (0.24 μg m−3) might be due to some regional transport
when there is more intensive atmospheric air circulation, which favors their movement and distribution.
The contribution of FUEL source is less in comparison to a previous study for Sofia (6%) [28]. It is
much lower, reflecting the change from fuel oil to gas in small installations for local districts heating.

3.3. Contribution of Outside Sources and Chemical Composition of Background PM Concentrations

The CTM model results for Sofia in 2019 available at CAMS [51] give insight to the contributions
from different geographical areas and chemical species to the PM10 background concentrations in the
region of Sofia (Figure 7a). The contributions from Bulgarian sources (“domestic”) are estimated as
51.4% (EMEP) and 36.8% (LOTOS-EUROS). For the natural contribution, mainly from Saharan dust,
there are significant differences—10.8% (EMEP) and 29.4% (LOTOS-EUROS). The rather high share for
“others” (representing non-EU countries and model boundary conditions) are comparable for both
systems (26.4% and 21.7%). This is due to the position of Sofia in the western part of the country
and the prevailing synoptic flow (from west and north-west), suggesting contributions from emission
sources in the Western Balkans.

Figure 7b shows the chemical composition from the two model systems along with the results
from this study on yearly basis. The comparison is not straightforward as the model results refer to
background concentrations for a large area around Sofia, while our results are based on measurements
at a fixed point in a residential area. The models use emission inventory for 2011 but emissions certainly
have changed from 2011 to 2019, especially reduction in SO2 emissions and increase of NO2 emissions
in the Balkan region [2]. Nevertheless, there are some common findings using the two CTM SR analysis
and the results from the PMF in this study. The contribution of SO4

2− is significant—the models’
average is 23%, whereas this study indicates 18%. This is related to processes of secondary aerosol
formation and regional contribution from SO2 emissions in the country and SE Europe [28]. To note the
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high contribution of the group “rest” that includes secondary organic aerosols, particle-bound water,
and unaccounted primary aerosols: models indicate 25% on average, this study—30%. Further studies,
including considerations of detailed emissions on local and regional levels, are needed to understand
these results. The dust contribution to PM10 concentrations in Sofia seems to be important for the
year 2019—with a share varying from 16% on average by the models to about 25% in this study.
This suggests that the impact of natural factors on the PM10 concentrations should be further studied.

 
(a) (b) 

Figure 7. Contribution (a) and chemical species (b) in PM10 for Sofia, 2019.

4. Conclusions

This study has focused on the PM levels, chemical composition, and sources apportionment for a
one-year period in the capital of Bulgaria, Sofia. Seasonal patterns of PM10 mass concentration with a
minimum in the summer months and a maximum in the cold period is accompanied by the similar time
variation of the prevailing macroelements (Ca, Fe), some of the microelements (Pb, Zn, Cu, Mn, Cr, Br,
Sr), and ions (SO4

2−, NO3
−, Cl−, K+, NH4

+, Na+). This is due to the different meteorological conditions
and in some extent to the contribution of additional sources of primary and secondary PM10.

The application of the positive matrix factorization method with EPA PMF 5.0 software led to
the identification of eight factors, six of which are with the most significant contribution to the PM10
mass concentration in Sofia (RES, SEC, Mixed SO4

2−, BB, TR, and IND). In comparison with a previous
study (2012–2013), a new source appeared (Mixed SO4

2−) with a relatively high contribution during the
summer. The RES source is the main contributor to the total PM10 mass in Sofia (25%) and is close to
the one obtained in 2012–2013. Second is the BB followed by Mixed SO4

2−, Sec, TR, IND, Nitrate rich,
and FUEL.

For the first time the obtained results for contribution of sulphates, nitrates, ammonium ions, and
dust (RES) are compared with modeled ones, derived by CAMS models. The variation in SO4

2− and
NO3

− contribution in PM10 mass obtained by two CTM models is seen. The relative contribution to
the PM10 in this study is closer to the derived by LOTOS model.

The results from source apportionment (SAP) are of high importance to the development of
action plans for improving the air quality based on PM characterization and source apportionment.
The authorities can focus on measures to reduce emissions of the sources which they can control.
This study provides important information for policy design with specific measures to improve urban
air quality in Sofia. Future work on more in-depth analysis for long range transport and Probability
Source Contribution Function is planned.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4433/11/9/890/s1,
Table S1: Comparison of PM10 concentration obtained by tree different samplers; Figure S1: Comparison of
obtained results with different analytical techniques; Figure S2: Comparison of results obtained with different
samplers; Figure S3: Correlation between experimental PM10 and modeled PM10; Figure S4: Daily source
contributions to PM10 levels for the study period in Sofia; Figure S:. HYSPLIT [65] back trajectories for two
selected days with high contribution of “Mixed SO4

2−“ factor.
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Abstract: Air quality modeling at the very local scale within an urban area is performed through
a hybrid modeling system (HMS) that combines the CAMx Eulerian model the with AUSTAL2000
Lagrangian model. The enhancements obtained by means of the HMS in the reconstruction of the
spatial distribution of fine particles (PM2.5) and elemental carbon (EC) concentration are presented
for the case-study of Milan city center in Northern Italy. Modeling results are reported for three
receptors (a green area, a residential and shopping area, and a congested crossroad on the inner
ring road of the city center) selected in order to represent urban sites characterized by both different
features in terms of the surrounding built environment and by different exposure to local emission
sources. The peculiarity of the three receptors is further highlighted by source apportionment analysis,
developed not only with respect to the kind of emission sources but also to the geographical location
of the sources within the whole Northern Italy computational domain. Results show that the outcome
of the Eulerian model at the local scale is only representative of a background level, similar to the
Lagrangian model’s outcome for the green area receptor, but fails to reproduce concentration gradients
and hot-spots, driven by local sources’ emissions.

Keywords: air quality; hybrid modeling; source apportionment; source regions; CAMx; AUSTAL2000;
Milan; Po valley

1. Introduction

Air pollution in urban areas is a significant public health issue because of chronic diseases,
principally of respiratory and cardiovascular nature [1], and because of premature deaths resulting
from population exposure to atmospheric pollutants [2–4]. According to Lelieveld et al. [5], the loss of
life expectancy due to air pollution is higher than those caused by tobacco smoking and AIDS. In 2015,
air pollution-related diseases were estimated to be responsible for about 6.4 million premature deaths
worldwide, with 4.2 million due to ambient air pollution. Indeed, during that year, about 90% of
the population, mostly people living in cities, was exposed to particulate matter in concentrations
exceeding the WHO air quality guidelines [2]. Air quality monitoring networks provide data in order to
check the compliance with air quality limits. However, monitoring sites are usually limited in number
and, even though located at sites supposedly representative of different urban microenvironments,
their data may not properly assess the actual air quality over the whole urban area [6].
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Air quality models are useful tools to assess pollutant concentration levels and emission sources’
contributions in urban areas [7–9]. Situations where models can be applied for air quality assessment
instead of, or in combination with fixed measurements have been defined by the European Union
Directive 2008/50 on air quality [10]. Moreover, most of models can support epidemiological studies
providing concentration data with high spatial and temporal resolution for exposure assessment of selected
individuals, allowing both predictions on future exposure and reconstruction of historical exposure [11].

However, air quality modeling in urban areas is quite challenging for a number of reasons:

– The concentration levels of atmospheric pollutants are the result of three additional contributions:
a regional background (i.e., the baseline level in the surroundings/region of the urban area); an urban
background, representing the increment of concentration due to emission of the urban area itself;
and a very local contribution of emission sources at pollution hotspots within the urban area [12].

– The pollutants of interest may be not only of primary origin (i.e., directly emitted by emission
sources) but also the result of secondary formation processes, like those affecting O3, NO2, and fine
particulate matter.

– The spatial distribution of the emission sources in urban areas, essentially road traffic and space
heating, depends on the urban structure of the built environment, that, in turn, can affect the
dispersion of the locally emitted polluted, with local modifications of the wind conditions induced
by buildings and with urban canyon structures favoring the build-up of pollutants at emission
hot-spots [13].

– Last but not least, model reliability strongly depends on both emission data accuracy, spatial resolution
and temporal modulation [14–17], and on the proper reconstruction of the meteorological conditions
driving the motion of air masses and pollutant transport and diffusion [18,19].

Eulerian chemical and transport models (CTMs) are commonly applied for air quality modeling
at the regional scale, reasonably well estimating regional and urban background concentration levels
for both primary and secondary pollutants. Conversely, they are not able to properly reproduce the
local concentration gradients in urban areas due to the relatively large step of the computational grid.
In order to overcome this limitation, various modeling frameworks that integrate CTMs outputs with
other models have been proposed for better reproducing within-city exposure variability. Geostatistical
approaches combining land use regression (LUR) and chemical transport modeling have been proposed
for long-term concentrations of NO2, O3 and particulate matter [20–24]. Hybrid deterministic models
combining a Lagrangian dispersion model (LDM) at the local scale and a CTM at the regional scale have
been proposed for NOX and PM10 [25–27]. Indeed, LDMs can be profitably used for the assessment of
local sources’ impact at high spatial resolution over a small domain because of the fine computational
grid that allows a more realistic spatialization of urban emissions, depending on the road network
layout and the built environment structure, also accounting for wind field modifications induced
by buildings [28]. As drawbacks, LDMs do not include comprehensive gas and aerosol chemistry
modules for secondary pollutants assessment and cannot be used for regional scale modeling due to
their computational burden.

This work is focused on air quality modeling at the very local scale within an urban area through a
hybrid modeling system that combines the CAMx (Comprehensive Air quality Model with Extensions)
Eulerian model with the AUSTAL2000 Lagrangian model. In particular, the work highlights the
enhancements in the reconstruction of the spatial distribution of the concentration of fine particles
(PM2.5) and elemental carbon in the city center of Milan, obtained by means of the hybrid modeling
system in comparison with the CAMx Eulerian model. The city of Milan, located in the Po valley in
Northern Italy, is a well-known hotspot for particulate matter (PM) pollution. Modelling results are
presented for three receptors selected in order to represent urban sites characterized by both different
features in terms of the surrounding built environment and by different exposure to the local emission
sources. The peculiarity of the three receptors is further highlighted by the source’s apportionment
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analysis developed not only with respect to the kind of emission sources but also to the geographical
locations of the sources within the whole Po valley computational domain.

2. Methods

2.1. HMS Modeling Chain Setup

The hybrid modeling system (HMS) used for air quality simulations and source apportionment
analysis is composed by three main components (Figure 1): the Weather Research and
Forecasting meteorological model (WRF v3.4.1; [29]), the Comprehensive Air quality Model with
Extensions (CAMx v6.30; [30]), as Eulerian chemical and transport model, and AUSTAL2000
(AUSTAL2000 v2.6.9; [31]), as Lagrangian local-scale model. The HMS setup also includes the
Sparse Matrix Operator for Kernel Emissions model (SMOKE v3.5; [32]) for emission inventory data
processing. CAMx was coupled with AUSTAL2000 in order to better estimate concentration levels and
properly assess sources’ contribution over the urban local domain, thanks to the strong refinement in
the spatialization of local emissions according to the road network layout (for traffic emissions) and of
the built environment structure (for commercial and residential combustion emissions).

 

Figure 1. Hybrid modeling system setup.

Input meteorological fields for 2010 were reconstructed by the WRF model, driven by ECMWF
(European Centre for Medium-Range Weather Forecasts) analysis fields, “Operational Atmospheric
Model Data Set class = od − ANA”, at all hours available (00:00, 06.00, 12:00, 18:00 GMT), and set
up with 30 vertical layers spanning from 25 m up to 15 km above the ground. Initial and boundary
conditions from ECMWF analysis fields, at 0.5◦ × 0.5◦ grid size, included 3D (wind speed components,
temperature, relative humidity) and 2D surface parameters (sea level pressure and temperature),
2D static parameter for land-sea mask, and 3D soil parameters (temperature and water content),
integrated on 4 ground layers (0–7 cm, 7–28 cm, 28 cm–1 m, 1–2.55 m). Horizontally, four nested grids
covering Europe, Italy, Po valley, and Milan metropolitan area have been used; grid resolutions are
45 km, 15 km, 5 km, and 1.7 km, respectively. WRF model evaluation was discussed in Pepe et al. [26],
with respect to both the Po valley and Milan metropolitan area; the time series of observed and
computed values of mixing ratio, temperature and wind speed over Milan metropolitan area are
reported in Supplementary Material Figure S1. The wind rose for calendar year 2010 at Milano Linate
airport is presented in Figure S2.

CAMx simulations covered the two innermost domains of WRF (Po valley and Milan metropolitan
area). CAMx was run at the same spatial resolution of WRF, but with a slight reduction of the domains
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in order to remove boundary effects (Supplementary Material Table S1). AUSTAL2000 simulation
covered one single cell (1.7 × 1.7 km2) of CAMx Milan metropolitan area domain with 20 m grid
resolution. This cell covers part of Milan city center and is characterized by a heterogeneous urban
pattern with road arches separating the densely built up commercial and residential areas (Figure 2).

Figure 2. AUSTAL2000 computational domain over Milan city center and selected receptors location.

Input meteorological fields for AUSTAL2000 were calculated by the diagnostic wind field model
TALdia based on WRF model output and on the urban canopy features at 20 × 20 m2 resolution,
according to the European land use atlas data [33].

Emissions were derived from inventory data at three different spatial resolution levels:
European Monitoring and Evaluation Programme data (EMEP) [34], available over a regular grid of
50 × 50 km2; ISPRA Italian national inventory data [35] which provides a disaggregation for province;
regional inventories data based on INEMAR (INventario EMissioni ARia) methodology [36] for the
administrative regions of Lombardy, Veneto and Piedmont, which provide detailed emissions data
at single municipality level. Data from each emission inventory were processed using the SMOKE
model in order to obtain the hourly time pattern of the emissions. Further details on WRF, CAMx,
AUSTAL2000 setup, on meteorological and emissions input data, and on the chemical schemes adopted
in this work are reported in Pepe et al. [26], together with the model validation phase for the 2010
calendar year through the comparison between model results and measurements at air quality stations.

2.2. Emission Regions and Emission Categories

HMS source apportionment analyses concurrently considered different emission categories
(e.g., road transport, disaggregated by vehicles type, commercial and residential combustion,
disaggregated by fuel used) and emission regions i.e., user-defined areas of particular interest
for administrative reasons or for the location of specific emission sources. Thus, thanks to the
Particulate matter Source Apportionment Technology, (PSAT) algorithm [37], embedded in CAMx,
source apportionment analyses could detect contributions from emission categories in combination
with geographic information on source locations. The key feature introduced by HMS is the higher
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detail of source apportionment analysis at urban receptors, where the contributions due to local sources
(i.e., located in proximity of the receptors), not correctly disaggregated by CAMx with consequent
inaccuracies for source apportionment analyses, are properly accounted for by AUSTAL2000, conversely.
In this work, 11 emission categories (Table S2) and 5 emission regions over the Po Valley are considered
for the source apportionment (Figure S1). Together with a local urban region (LOCAL), covering the
CAMx cell in Milan city center corresponding to the AUSTAL2000 domain, four nested emission regions
have been defined: the MIL region covers the municipality of Milan, the PRO region the metropolitan
area of Milan, the LOM region the Lombardy region, and the POV region the Po valley. Each emission
region accounts for the sources located within its boundaries except those located in the nested
inner domains. Additionally, a sixth region that considers sources located within the computational
domain but outside of Italy and long-range transport was included in source apportionment analyses.
Further details about emission categories and region maps are illustrated in Pepe et al. [25].

2.3. HMS Source Apportionment Output

The HMS approach has been applied in order to assess fine particles (PM2.5) and elemental carbon
(EC) ambient concentration levels and related source contributions at three receptors in Milan city
center. PM2.5 is one of the regulated pollutants of major concern, due to its health relevance and to its
rather high average and episodic concentration levels, especially during the winter months. EC is a
primary component of PM particularly critical for human health [38]. The three receptors, all located
within the same cell of CAMx’s innermost domain (Figure 2), which corresponds to AUSTAL2000
computational domain, were selected in order to represent sites with a different exposure to the local
emission sources. Namely, they correspond to a green area (PARK), to a residential and shopping area
near the main cathedral square (DUOMO), and to a congested crossroad on the inner ring road of the
city center (TRAFFIC). Such a selection was also intended to highlight the capability of AUSTAL2000
for a more reliable source apportionment at the local scale in comparison with CAMx.

Double counting of the emissions from the LOCAL region was avoided thanks to the PSAT source
apportionment that allowed to track separately the contributions of the emission regions to the total
concentration computed by CAMx. HMS concentration values and source apportionment results at
the selected receptors are the combination of CAMx results for the emissions from the most part of the
Po valley computational domain (i.e., from POV, LOM, PRO, and MIL region) and of AUSTAL2000
results for the LOCAL region.

3. Results and Discussion

All model results refer to the three abovementioned urban receptors and consider both PM2.5 and
EC, focusing on the following issues: (i) AUSTAL2000 output, that is concentration levels and related
contribution for the emission sources in the LOCAL region; (ii) comparison between AUSTAL2000 and
CAMx output for the concentration levels and for the contributions of the emission sources from the
LOCAL region; (iii) HMS concentration levels and sources’ contributions for the emissions from the
whole Po valley computational domain, also accounting for the geographical locations of the sources
(i.e., emission regions).

3.1. AUSTAL2000 Output

This section provides an overview of AUSTAL2000 source apportionment results for PM2.5 and
elemental carbon (EC) emitted by local sources of the innermost computational domain (LOCAL region).
AUSTAL2000 simulations for PM2.5 consider only its primary fraction (PPM2.5) because the model
does not handle aerosol chemistry; that at the very small spatial scale the secondary PM generated
by the local emissions of precursors is substantially negligible [39]. According to emission inventory
data, commercial and residential combustion (C&R combustion–SNAP category 02) and road traffic
(SNAP category 07) are responsible for more than 90% of the emissions within the domain; thus, for the
LOCAL region this work is focused on the contributions to ambient levels from these two source
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categories. Estimated contributions to ambient PM2.5 and EC levels at the three receptors are presented
in the panels of Figure 3 as monthly average values for calendar year 2010, with a breakdown based
on both source categories and sub-categories (i.e., kind of fuel for C&R combustion, vehicle class for
road traffic). Relative contributions, assessed both on annual basis and for the cold and warm season
separately, for a deeper insight on seasonality of sources’ activity, are summarized in Table 1 for PM2.5
and in Table 2 for EC.

 
(a) 

 
(d) 

 
(b) 

 
(e) 

 
(c) 

 
(f) 

Figure 3. Monthly contributions of C&R combustion and road traffic emissions from the LOCAL area
to primary PM2.5 (left column: (a) PARK site; (b) DUOMO site; (c) TRAFFIC site) and EC (right column:
(d) PARK site; (e) DUOMO site; (f) TRAFFIC site) ambient levels at the three urban receptors for 2010.
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Table 1. Total annual and seasonal average contributions to PM2.5 ambient levels and percentage
contributions of emission sources in the LOCAL area at the three urban receptors. (02-BIO: Residential
and commercial heating-Biomass burning; 02-OTH: Residential and commercial heating-Fossil
fuels burning; 07-CAR: Road traffic-Passenger cars; 07-LDV: Road traffic-Light Duty Vehicles;
07-HDV: Road traffic-Heavy Duty Vehicles; 07-MOT: Road traffic-Mopeds and motorcycles).

Receptor Period PM2.5 (μg/m3)
Emission Sub-Categories Contribution (%)

02-BIO 02-OTH 07-CAR 07-LDV 07-HDV 07-MOT

PARK
Annual 0.65 38.6 4.4 27.8 13.0 12.5 3.8

Cold 1.17 52.3 5.9 20.4 9.5 9.2 2.8

Warm 0.28 14.5 1.7 40.8 19.0 18.4 5.6

DUOMO
Annual 1.46 42.9 4.9 25.5 11.8 11.4 3.5

Cold 2.60 56.9 6.4 17.9 8.3 8.0 2.4

Warm 0.58 10.7 1.2 42.9 20.0 19.3 5.8

TRAFFIC
Annual 3.80 15.9 1.8 40.2 18.6 18.0 5.4

Cold 5.32 27.9 3.2 33.6 15.6 15.1 4.6

Warm 2.44 2.7 0.3 47.4 21.9 21.3 6.4

Table 2. Total annual and seasonal average contributions to EC ambient levels and percentage
contributions of emission sources in the LOCAL area at the three urban receptors.

Receptor Period EC (μg/m3)
Emission Sub-Categories Contribution (%)

02-BIO 02-OTH 07-CAR 07-LDV 07-HDV 07-MOT

PARK
Annual 0.26 22.9 1.7 36.0 19.7 18.0 1.7

Cold 0.41 35.0 2.4 29.9 16.3 14.9 1.4

Warm 0.14 7.2 0.7 44.0 24.1 22.0 2.1

DUOMO
Annual 0.55 25.8 1.9 34.5 18.9 17.3 1.7

Cold 0.88 39.9 2.7 27.4 15.0 13.6 1.3

Warm 0.28 5.5 0.4 44.9 24.6 22.5 2.2

TRAFFIC
Annual 1.80 8.2 0.6 43.6 23.8 21.8 2.1

Cold 2.30 15.1 1.1 40.1 21.8 20.0 1.9

Warm 1.26 1.2 0.1 47.1 25.8 23.6 2.3

3.1.1. PM2.5

PM2.5 results account only for primary PM2.5 because the local scale model AUSTAL2000 does
not include a chemical module, thus neglecting chemical transformation process of gaseous precursors
that lead to secondary particle formation. The map of the spatial distributions of PM2.5 annual mean
concentration over AUSTAL2000 simulation domain (Figure 4a) clearly displays the model ability to
account for the structure of the built environment, namely with respect to the main road network.
Because of the different exposure to the LOCAL region sources, quite different concentrations levels
are estimated for the selected receptors, as expected (0.65 μg/m3, 1.46 μg/m3, and 3.80 μg/m3 at PARK,
DUOMO, and TRAFFIC receptor, respectively).

At PARK receptor the overall contribution of the local sources displays a clear seasonal pattern
(Figure 3a), with higher contribution in the cold season (>1 μg/m3 from December to March) and lower
contributions in the warm season (<0.5 μg/m3 from April to October). Peaks up to about 1.5 μg/m3 are
estimated in February and December and the lowest concentrations (about 0.25 μg/m3) from June to
August. The pattern is mainly driven by the seasonality that affects sources’ activity, with emissions from
C&R combustion in addition to traffic emissions in the cold season. C&R combustion, namely biomass
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burning (02-BIO), is the first contributor among local sources with a contribution ranging between
0.5 μg/m3 and 0.9 μg/m3; conversely, it is almost negligible in the warm season when its contribution is
about 0.04 μg/m3. Road traffic contribution is rather constant throughout the year (ranging between
0.25 μg/m3 and 0.5 μg/m3). In the cold season (January–March), 58.2% of PM2.5 from local sources
comes from C&R combustion (category 02), mostly from biomass burning (52.3%); in the warm season
(July–September), its contribution drops down to 16.2%, still almost entirely due to biomass combustion
(14.5%). Road traffic is responsible for 41.9% of PM2.5 mass in the cold season and for 83.8% in
the warm season. However, notwithstanding the higher values computed during winter for C&R
combustion, on annual basis road traffic (57.1%) prevails on domestic heating (42.9%). In details,
on annual basis passenger cars contribute for almost half of the road traffic share (27.8%), light- and
heavy-duty vehicles produce almost the same contribution (13% each), while mopeds and motorcycles
account for about 4%.

(a) (b) 

Figure 4. Spatial distribution of PM2.5 (a) and EC (b) annual mean concentrations generated by LOCAL
source emissions over AUSTAL2000 computational domain.

At DUOMO receptor the overall contribution of the local sources follows the same seasonal
pattern observed at PARK site, but concentration levels are twice as high in each month (Figure 3b).
During the winter months the total contribution generated by vehicles and heating is always in excess
of 1.5 μg/m3, but even higher than 3 μg/m3 in January and up to 3.5 μg/m3 in December. From April
to October PM2.5 levels are always below 0.9 μg/m3, but they are around 0.5 μg/m3 from June to
August. In spite of the limited distance between PARK and DUOMO receptor (less than 2 km as crow
fly distance) the model is able to reproduce the concentration gradient due to the activity of very
local sources active in the neighborhoods of the residential DUOMO site. As for the PARK receptor,
the biomass burning contribution prevails over road traffic during the winter period while the latter
takes over during summer. Contribution from sub-category 02-BIO is in the 1–2 μg/m3 range in the
cold season but falls down to about 0.05 μg/m3 in the warm season; road traffic contribution ranges
between summer values around 0.5 μg/m3 and winter values up to 1.3 μg/m3. Relative contributions
show seasonal figures similar to those of PARK receptor: in the cold season, category 02 accounts for
63.3%, with a 56.9% from biomass burning, in the warm season for 11.9%, again almost entirely due to
biomass combustion (10.7%); road traffic is responsible for 36.7% of PM2.5 mass in the cold season and
for 88% in the warm season, a few percentage points more than at the PARK receptor, coherently with
the higher exposure to traffic emission of the DUOMO receptor. Thus, on annual basis the two sources
categories provide almost equal contributions to ambient PM2.5: road traffic contributes for 52.2%,
with vehicle classes’ share similar to those of the PARK site (25.5% from passenger cars, about 11.5%
from light- and heavy-duty vehicles, and 3.5% from mopeds and motorcycles) and C&R combustion
generates the remainder 47.8%.
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At TRAFFIC receptor the monthly time series of estimated contributions shows the same seasonal
pattern as at the two previous sites, but with values 4 to 8 times higher than at the PARK receptor
and roughly 2 to 4 times higher than at DUOMO receptor (Figure 3c). During the winter months the
local sources is always in excess of 4 μg/m3, but even higher than 6 μg/m3 in January and December;
from April to September, PM2.5 levels are always in the 2–3 μg/m3 range. The highest contribution
(6.8 μg/m3 in December) is about 5× and 2× the contribution estimated at PARK and DUOMO receptors
in the same month; the lowest (2.2 μg/m3 in July) is 8× and 4× the contributions estimated at the
latter sites. Differently from PARK and DUOMO, road traffic is the main contributor not only in the
warm season but also in the cold season. Estimated contribution from traffic are in the 4–5 μg/m3

range in wintertime and about 2.5 μg/m3 in summertime; C&R combustion contribution is in the same
order as at DUOMO (2 μg/m3) in wintertime and becomes practically insignificant in summertime
(<0.06 μg/m3) as for the other two receptors. Actually, in the warm season the contribution of C&R
combustion to primary PM2.5 is almost negligible (3%), the remainder 97% coming from road traffic.
In the cold season, the overall contribution of category 02 rises up to 31.1% (27.9% from biomass
burning) but still largely ancillary with respect to road traffic, and even to the contribution of passenger
cars alone (33.6%). On an annual, basis traffic is responsible for 82.3% of annual mean concentration
with 40% due to passenger cars, 18.5% from light- and heavy-duty vehicles, and 5% from mopeds and
motorcycles; the residual 17.7% is described by C&R combustion, once again almost entirely due to
biomass burning (15.9%).

It is worth noting that the contribution of C&R combustion to primary PM2.5 due to LOCAL
sources is probably affected by a partial overestimation because of both the spatial disaggregation
and temporal modulation procedures. Indeed, due to the limitation on proxy data for emission
spatialization, the emission density was kept constant at municipality level, meaning that it was not
possible discriminate differences among Milan city center (i.e., LOCAL region) and the city outskirts
(i.e., MIL region). Thus, a possible overestimation of the total emission of biomass burning in the
LOCAL cell could have taken place. Furthermore, due to a limitation of the data availability C&R
combustion emissions were modulated using a unique profile, more representative of domestic heating
than of commercial activities. As a consequence, commercial activity emissions, such as wood oven
pizzerias, that are the prevailing source of primary PM for non-residential biomass burning in SNAP
category 02, are probably overestimated during the winter season.

3.1.2. EC

Results for EC confirm that the model is able to reproduce the seasonality that affects both sources’
activity and atmospheric dispersion, as well the spatial variability of sources’ contributions within the
urban area due to the different exposure to emission sources of the receptor sites. Seasonality effects
are pointed out by the same U-shaped pattern as primary PM2.5 computed at all sites for the time
series of monthly EC contributions and by the higher EC/PM2.5 ratios in the warm season, when road
traffic is practically the only contributor to PM2.5 levels. Site-dependent exposure to emission sources,
unevenly distributed in the urban area because of the features of the built environment and of the
road network, is highlighted by the different concentration levels and related gradients at the very
local scale (Figure 4b). Indeed, the EC annual mean concentrations estimated at PARK, DUOMO,
and TRAFFIC (0.26 μg/m3, 0.55 μg/m3, and 1.80 μg/m3, respectively) reflect their different exposure to
the traffic emission of the LOCAL region sources.

At PARK receptor EC levels are in the 0.13–0.14 μg/m3 and in the 0.4–0.5 μg/m3 range during
the warm and cold season, respectively (Figure 3d). As for primary PM2.5, road traffic is the main
contributor (>90%) in the warm season but, differently, it is also the main contributor in the cold season
(62.5%); on annual basis, local traffic is responsible for 75.5% of ambient EC, the remainder 24.5%
almost entirely due to biomass burning in C&R combustion processes (22.9%) (Table 2). The breakdown
of road traffic contribution by vehicle class shows figures similar to those of primary PM2.5 but with a
slightly higher share (few % points) for light- and heavy-duty vehicles, all powered by diesel engines.
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Similar considerations hold for the DUOMO receptor despite the fact that, as for PM2.5,
monthly concentration levels are 2×–3× higher than at PARK (Figure 3e), ranging between 0.27 and
0.42 μg/m3 and 0.7 and 1.2 μg/m3 during the warm and cold season, respectively. Like at the PARK
receptor, road traffic is the first contributor on both seasons, responsible for 57.4% in wintertime and
94.1% in summertime, with the contribution of passenger cars almost equal to Light Duty Vehicles
(LDV) and Heavy Duty Vehicles (HDV) contributions altogether.

At the TRAFFIC receptor, monthly EC levels are 4 to 10 times higher than at the PARK receptor
and 2.4 to 4.6 times higher at DUOMO (Figure 3f), thus pointing out spatial gradients even larger
than for PM2.5, as a consequence of the greater exposure to primary emissions from traffic. Estimated
EC values are in the 1.2–3 μg/m3 range, averaging about 2.3 μg/m3 and 1.3 μg/m3 in wintertime and
summertime, respectively, and leading to an annual average of 1.8 μg/m3. Road traffic is by far the
main contributor to EC levels (cold season: 83.8%; warm season: 98.7%; annual basis 91.2%) with
single SNAP 07 sub-categories contributions prevailing on biomass burning (02-BIO) even in the cold
season (Table 2).

3.2. Comparison between AUSTAL2000 and CAMx Output

Results for ambient PM2.5 and EC levels estimated by AUSTAL2000 have been compared
to the corresponding estimates provided by CAMx for the three receptors of the urban
area in order to point out the accuracy increase that can arise from coupling the local-scale
Lagrangian approach with the mesoscale Eulerian approach within the hybrid modeling system.
Actually, CAMx (Eulerian approach) is able to reproduce the large part of chemical processes in
the atmosphere, including the secondary formation of aerosols, but has a limited spatial resolution;
conversely, AUSTAL2000 (Lagrangian approach) is expected to reconstruct more faithfully the spatial
resolution of concentrations, though neglecting chemical transformations.

Local sources’ contributions and source apportionment results at the three urban receptors from
CAMx and AUSTAL2000 runs are compared in Figure 5 for primary PM2.5 and in Figure 6 for EC.
Comparisons, presented for both annual and seasonal average concentrations, point out the relatively
“flat” output of CAMx with very limited spatial variability of PPM2.5 and EC concentration levels,
notwithstanding the radical change of features of the urban receptors. Conversely, AUSTAL2000
results highlight the difference between the receptor strongly affected by local sources (TRAFFIC)
and the receptors less exposed to traffic emissions (DUOMO) and in an urban background location
(PARK). PPM2.5 concentrations estimated by CAMx vary in rather narrow ranges (0.7–1.1 μg/m3 in
wintertime, 0.3–0.4 μg/m3 in summertime) whereas AUSTAL2000 results display variations in the order
of a 2× factor between DUOMO and PARK and, in turn, between TRAFFIC and DUOMO. Similarly,
for EC, a well-known tracer of traffic emissions, CAMx predictions do not show significant spatial
gradients (0.40–0.50 μg/m3 in wintertime, 0.17–0.26 μg/m3 in summertime) whilst AUSTAL2000 results
indicate much wider ranges (0.41–2.30 μg/m3 in wintertime, 0.14–1.26 μg/m3 in summertime).

CAMx limits in properly reproducing the impact of local sources are also confirmed by source
apportionment results. Regardless for the period considered, CAMx provides very similar percentage
contribution for source categories and sub-categories at the three receptors. Namely, for PPM2.5 traffic
shares are 45.0–47.3%, 28.6–30.1%, and 72.6–73.7% respectively on annual, cold season, and warm
season basis; corresponding figures for AUSTAL2000 are 52.2–82.3%, 36.7–68.9%, and 83.8–97%.
Additionally, such a limited capability of reproducing the exposure to primary emission from road
traffic is further highlighted by EC source apportionment, with CAMx traffic shares insensitive to
receptors’ features (66%, 48%, and 86% on annual, cold season, and warm season basis) whereas
AUSTAL2000 provides receptor-dependent shares (72.3–91.2%, 57.4–83.8%, and 92.2–98.7%).
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Figure 5. Primary PM2.5 levels and source apportionment comparison between CAMx and
AUSTAL2000 at the urban receptors (PARK, DUOMO, TRAFFIC) for LOCAL region emissions.

 

Figure 6. EC levels and source apportionment comparison between CAMx and AUSTAL2000 at the
urban receptors (PARK, DUOMO, TRAFFIC) for LOCAL region emissions.

In spite of the abovementioned limits of CAMx and notwithstanding the fact that two models
are based on different approaches, their results are in rather good agreement at PARK receptor for
both PPM2.5 (0.65 μg/m3 vs. 0.76 μg/m3 for the annual average and 1.17 μg/m3 vs. 1.32 μg/m3 and
0.28 μg/m3 vs. 0.40 μg/m3 for seasonal values) and especially for EC (both models predict 0.26 μg/m3

for EC annual average and 0.41 μg/m3 vs. 0.39 μg/m3, 0.14 μg/m3 vs. 0.17 μg/m3 for the seasonal
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values). Deviations between model outputs become larger and larger as the density of emission
sources nearby the receptor increases (i.e., passing from PARK to DUOMO and to TRAFFIC receptor).
Thus, CAMx results can be regarded as concentrations levels representative of receptors not directly
exposed to local emissions but poorly representative of both residential areas and, most of all, of traffic
exposed receptors, where the impact of local sources is missed.

These outcomes are a direct consequence of the different emission spatialization degree within
the LOCAL region adopted by the two models: AUSTAL2000 locates road traffic and domestic
heating emissions in correspondence with the arches of the urban street network and of built areas;
conversely, CAMx evenly distributes the emissions all over the region. Additionally, AUSTAL2000
really calculates concentrations at the receptors points, whereas CAMx determines the concentrations
as a distance-based weighed average of the concentrations computed for the four grid cells nearest to
the receptor. The drawback of AUSTAL2000 results is that they neglect the secondary PM generated
by precursors emissions from the sources within the LOCAL region, that conversely CAMx is able to
separately predict and apportion. However, as shown in Figure 7, the contribution of secondary PM to
the total PM2.5 is very limited, roughly in the order of 6–7%. Thus, AUSTAL2000 enhanced capability
of better reproducing the variability of the concentration levels at the local urban scale, according
to receptors’ exposure to the emission sources, almost totally offsets the limitation of the neglected
secondary PM formation processes.

 

Figure 7. CAMx primary (PPM2.5) and secondary (SPM2.5) PM2.5 levels and source apportionment
comparison at the urban receptors (PARK, DUOMO, TRAFFIC) for LOCAL region emissions.

3.3. HMS Output

Previous results demonstrate that AUSTAL2000 has a greater ability in reproducing the variability
of concentration levels and source contributions at the local scale, thus supporting the setup of a
Hybrid Modeling System (HMS) that combines the key features of CAMx and AUSTAL2000. At the
receptors of the local scale urban domain the concentration predicted by the HMS is given by the sum
of two terms: the former representing the contribution of sources located outside the urban domain,
which accounts for PM secondary formation processes too, the latter representing the contribution
of local sources, which neglects chemical processes but accounts for the receptors’ exposure to the
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emission sources. In practice, the spatially-variable and site-dependent contribution of local sources
computed by AUSTAL2000 is superimposed to a common base produced by sources located elsewhere
(CAMx Background). For the sake of accuracy, the secondary PM2.5 generated by the emissions from
the LOCAL region estimated by CAMx was also accounted for within the LOCAL region contribution,
in spite of its marginal contribution

3.3.1. PM2.5

HMS results for PM2.5 source apportionment are shown in Figure 8 that allows appreciating
both source categories and emission regions contributions concurrently. Summary Tables for the
estimated contributions are reported in Supplementary materials. As pointed out, the difference
among the estimated concentration levels is driven by the contribution of the local sources, because
the CAMx Background is the same at the three receptors, all located in the same cell of CAMx
computational domain.

On annual basis (Figure 8a), the sources located outside the local domain (CAMx Background) are
responsible for about 17 μg/m3, that is 96%, 92%, and 82% of the total estimated PM2.5 (17.6 μg/m3 at
PARK, 18.4 μg/m3 at DUOMO, 20.6 μg/m3 at TRAFFIC); LOCAL contributions are in the 0.7–3.7 μg/m3

range. Among emission regions, MIL region is the first contributor (5.2 μg/m3, 25.5–29.9%), followed by
LOM region (4.0 μg/m3, 19.5–22.9%) and by POV and PRO (both around 1.9 μg/m3, 9.0–10.7%);
long range transport contributes with a 3rd-highest 3.9 μg/m3 (19.0–22.2%). In terms of emission
categories, road traffic (5.2–7.8 μg/m3 range, 31.6–38.0%) slightly prevails on C&R combustion
(4.8–5.2 μg/m3 range, 25.2–28.4%), both by far greater than the long-range transport and the other
anthropogenic sources (OTHAS, 2.9 μg/m3, 14.3–16.8%). Figures for road traffic at the TRAFFIC
receptor are higher than at the two other receptors both as concentration (7.8 μg/m3) and as percent
share (39.0%) because of the additional contribution (3 μg/m3, 14.5% of total PM2.5 at TRAFFIC) from
local traffic estimated by AUSTAL2000, sensitively greater than at DUOMO and, most of all, at PARK
(0.38 μg/m3, 2.2% of total PM2.5 at PARK) as shown in Figure 7. Road traffic contribution mainly
derives for ~40% from passenger cars emissions (07-CAR) and for ~30% from light- and heavy-duty
vehicles; motorcycles are responsible for 2% only. C&R combustion almost entirely derives from
biomass burning (02-BIO). When both emission regions and categories are considered, the features of
the receptors come clearly to the light: at PARK and DUOMO road traffic (2.3 μg/m3) and biomass
burning (2.1 μg/m3) from the MIL region are the first two contributors; conversely, at TRAFFIC road
traffic from the LOCAL region (3.0 μg/m3) takes over. However, all these contributions are smaller than
the one coming from long range transport (3.9 μg/m3), that accounts for about 20% of the total PM2.5.

Seasonal results (Figure 8b,c) point out the different activity of biomass burning, not only in
the local region but also in all the other emission regions, sensitively affecting the total PM2.5 levels.
Actually, in the cold season CAMx Background (24.4 μg/m3) is about 2.5 times as high as in the
warm season (10.2 μg/m3) and LOCAL region contributions are from 2 to 4 times higher (cold season
range 1.3–5.4 μg/m3 vs. warm season range 0.3–2.5 μg/m3). MIL region (8.7 μg/m3) and LOM
region (6.0 μg/m3) are the two first contributors to PM2.5 levels: LOCAL region contribution is
3rd-highest at TRAFFIC (5.4 μg/m3) and at DUOMO (2.7 μg/m3), but is the lowest at PARK (1.3 μg/m3)
where is doubled by both POV and PRO contributions (~2.6 μg/m3). Contribution from biomass
burning is about 10 times higher than in the warm season (~10 μg/m3 vs. ~1 μg/m3), making this
source the first contributor to PM2.5 at all the receptors, even at TRAFFIC site where it takes over
road traffic (10.6 μg/m3 vs. 9.1 μg/m3). Overall, biomass burning accounts for 35.7–39.3% of total
PM2.5, mostly deriving from the MIL and LOM region (45–49% and 25.7–28% of 02-BIO contribution,
respectively). Biomass burning from the MIL (4.8 μg/m3) and LOM region (2.7 μg/m3) are the two
top contributors in the joint breakdown by emission regions and categories, followed by OTHAS
contribution from LOM region (2.9 μg/m3) at PARK and DUOMO and by passenger cars contribution
(07-CAR, 1.8 μg/m3) from the LOCAL region at TRAFFIC receptor.

173



Atmosphere 2020, 11, 1078

(a) 

(b) 

(c) 

Figure 8. PM2.5 source apportionment by HMS for PARK, DUOMO, and TRAFFIC receptors for annual
average (a), cold season average (b), warm season average concentration (c).
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In the warm season the contributions from the 4 outermost regions prevails on that from the LOCAL
region, still with MIL and LOM regions as top contributors (2.8 μg/m3 and 2.1 μg/m3 respectively);
conversely, at TRAFFIC receptor road traffic emissions from the LOCAL region become the 2nd-most
contributor (2.4 μg/m3). Almost missing the C&R combustion, road traffic is the first source of PM2.5,
accounting for about 36% at PARK and DUOMO, but up to 46% (5.9 μg/m3) at TRAFFIC, due to the
relevant contribution from the LOCAL region, followed by long range transport (25–30%) and OTHAS
(15–17%). The primary role of road traffic is also confirmed by joint regions-categories breakdown:
traffic emissions from the MIL region are responsible for a top 1.8 μg/m3 at PARK and DUOMO (17% of
total PM2.5), whereas those from the LOCAL region are the 1st-contributor at TRAFFIC (2.5 μg/m3 of
total PM2.5). Overall, traffic emissions from the entire Milan municipality (i.e., LOCAL +MIL region)
determine 2.2 μg/m3 (PARK), 2.5 μg/m3 (DUOMO), and 4.3 μg/m3 (TRAFFIC), that is, respectively,
20%, 23%, and 34% of the total estimated PM2.5 at the three receptors.

3.3.2. EC

Estimated EC levels and related source and region apportionment are presented in the panels of
Figure 9. As annual average, EC concentration is in the 3.3–4.7μg/m3 range, strongly receptor-dependent
because of the strong variation in the LOCAL region contributions (0.3–1.7 μg/m3) in addition to the
CAMx Background of 3.0 μg/m3 (Figure 9a). Such receptor-dependency is due to the great difference
among local road traffic contributions, ranging between a minimum of 0.2 μg/m3 at PARK up to
a maximum of 1.6 μg/m3 at TRAFFIC receptor. Overall, road traffic emissions are responsible for
about 57% of EC at PARK and DUOMO (~1.9 μg/m3) and of 68% (3.2 μg/m3) at TRAFFIC, but at the
two former receptors the traffic contribution originates from the MIL region traffic (30–32% of total
EC) whereas at the latter receptor LOCAL region (33%) prevails on MIL region contribution (23%).
The contribution of C&R combustion (~1.1 μg/m3) is in the order of 31% at PARK and DUOMO and
down to 23% at TRAFFIC, with the MIL region responsible for about half of these contributions.

The comparison between seasonal results (Figure 9b,c) highlights the wintertime contribution
of biomass burning: at PARK and DUOMO biomass combustion (~2.5 μg/m3, 48%) slightly prevails
on road traffic provide almost the same contribution (2.2 μg/m3, 43%); at TRAFFIC, the latter source
prevails (3.8 μg/m3 vs. 2.6 μg/m3, that is 56% vs. 38% of total EC). Conversely, in summertime biomass
combustion displays a much lower contribution (0.25 μg/m3), almost entirely deriving from sources
outside the LOCAL region, and at all receptors road traffic is, by far, the first contributor overall
(1.5–2.6 μg/m3, that is 70–80% of EC). As far as traffic contribution is concerned, on both in the cold and
warm season the LOCAL region contribution prevails on the MIL region one at the TRAFFIC receptor
(1.9 μg/m3 vs. 1.2 μg/m3 and 1.2 μg/m3 vs. 0.9 μg/m3, respectively) contrary to the two other receptors,
and especially at PARK, where LOCAL region (0.26 μg/m3 and 0.12 μg/m3) is by far exceeded by the
MIL region contribution.
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(a) 

(b) 

(c) 

Figure 9. EC source apportionment by HMS for PARK, DUOMO and TRAFFIC receptors for annual
average (a), cold season average (b), warm season average concentration (c).
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4. Conclusions

A hybrid modeling system (HMS), which couples the Eulerian chemical and transport model
CAMx with the local-scale Lagrangian model AUSTAL2000, was set up for air quality assessment
and source apportionment in urban areas. In the HMS approach, estimated concentration levels
come from the superposition of the background contribution of emission sources located outside the
local-scale urban domain, assessed by the Eulerian component, and of the contribution of sources
within this latter domain, assessed by the Lagrangian component. In comparison with the Eulerian
model, the Lagrangian component relies on a better spatial distribution of emission sources within its
computational domain, unevenly distributed because of the road network layout (for traffic emissions)
and of the built environment structure (for space heating). Such refinement in the spatialization of
local emissions allows the HMS to reproduce more realistically the variability of concentration levels
among urban receptors (within the local-scale domain), according to their actual exposure to local
sources. In this work, the enhanced performance of the HMS has been assessed for three selected
receptors, located in a relatively small area of Milan city center and representative of different exposure
to emission sources (PARK receptor: urban background; TRAFFIC receptor: heavy urban traffic;
DUOMO receptor: urban traffic, commercial and residential emissions). However, this promising
result is someway limited by the few receptors considered and the limited extension of the modelled
area by the Lagrangian component. Therefore, these first outcomes need to be further confirmed
by future work where, extending the computational domain of the Lagrangian component, a larger
number of receptors (e.g., residential areas outside city center, city outskirts, main access roads to
the city) can be considered, in order to account for the complex spatial variability of air pollution
within the whole urban area. Future work could also include the development of alternative local scale
modeling layers, based either on Lagrangian modeling approach, such as puffmodels, as well as on
geostatistical-based methods, both allowing the extensions of the analysis to larger portions of the
urban area.

For the presented case-study, the HMS results in almost a 6× factor between PM2.5 annual
average at the traffic exposed receptor and at the background receptor in a green area, whereas the
Eulerian model, missing the impact of local traffic at the former receptor, predicts only a 26% difference.
In practice, the outcome of the Eulerian model at the local scale is only representative of a background
level, similar to HMS outcome for the green area receptor, but fails to reproduce concentration gradients
and hot-spots, driven by local sources’ emissions.

The HMS shows the potential for source apportionment evaluations based on both emission
source categories, emission regions (i.e., user-defined areas where sources ae located), and on the
combination of categories with regions. This feature enables to assess the overall contribution to
ambient concentration levels of the different sources, but also to split the contribution based on
geographical location of the sources, that may significantly vary in relation to the receptors’ exposure
to local sources. In our case-study, at the two receptors less exposed to vehicular emissions, domestic
heating and road traffic almost equally contribute to PM2.5 annual average concentration (30%),
Milan’s urban area is the top contributor among emission regions (29.6%), and road traffic from Milan’s
urban area is the top contributor (13%) when both emission categories and regions are considered.
At the traffic-exposed receptor, road traffic is the top contributor (38%), the Milan region is still the
main origin for PM2.5, but with a lower share (25%), and local road traffic is the first contributor
(14.5%) in the joint emission categories and regions analysis. The different features of the receptors,
namely their exposure to local traffic emissions, are confirmed by PM2.5 source apportionment results
on seasonal basis and for elemental carbon too. Thus, the enhanced reproduction of the impact of local
sources ensured by the Lagrangian component of the HMS allows to better assess and properly put
in context sources’ contributions. Additionally, the joint apportionment by categories and regions
provides a piece of information that receptor models cannot provide, as their outcome is limited to
sources’ identification and overall contribution estimation.
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This peculiar output of the HMS is particularly useful for scenario evaluations in the framework
of air quality remediation and management plans, because it allows the prediction of the outcome of
interventions and policies at different spatial scales. Implementation of a small low-emission-zone
can affect traffic emissions at the very local scale, whereas the adoption of a congestion/pollution
charging scheme, or the ban for diesel vehicles prospected for some European large cities in the near
future, has a wider impact, affecting emissions at the urban scale. From the space heating standpoint,
implementation/enlargement of district heating at the municipality level may affect local/urban scale
emissions, whereas policies on fuels, like limitations or bans in biomass use for domestic heating,
usually act on larger administrative areas, therefore potentially affecting emissions even up to the
regional scale.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4433/11/10/1078/s1,
Table S1. Lambert Conformal coordinates for Po valley and Milan metropolitan area nested domains in WRF and
CAMx model. Table S2. Emission categories defined considered for source apportionment. Table S3. Annual and
seasonal average concentrations of PM2.5 and relative contributions by source regions. Table S4. Contributions
(μg/m3) by source regions to the annual PM2.5 concentrations. Figure S1. Time series of the box and whisker
plots for the distribution of the observed (black/grey) and computed (red/orange) daily mean values of mixing
ratio, temperature and wind speed over Milan metropolitan area for 2010. Bars show the interquartile range
(IR), lines the median values, dashed vertical bars (25th – 1.5 · IR) and the (75th + 1.5 · IR) value. Values for the
25th, 50th, 75th, and 95th quantiles of the whole yearly time series are reported too. (Pepe et al., 2016). Figure S2.
Wind rose for calendar year 2010 at Milano Linate airport (5 km crow-fly distance East from Milano city center).
Figure S3. Emission regions within Po Valley (top panel, 5 km grid step) and Milan metropolitan area (bottom
panel, 1.7 km grid step) computational domains. Figure S4. Google street views of the surroundings of DUOMO
receptor. Figure S5. Google street views of the surroundings of PARK receptor. Figure S6. Google street views of
the surroundings of TRAFFIC receptor.

Author Contributions: Conceptualization and methodology: G.P.; Software and Modelling simulations: N.P.,
A.B., A.T., G.M.R.; Formal Analysis: G.L.; Data Curation: N.P. and G.L.; Writing—Original Draft Preparation:
G.L.; Writing—Review & Editing, G.L. and G.P. All authors have read and agreed to the published version of
the manuscript.

Funding: This research received no external funding.

Acknowledgments: This work has been financed by the Research Fund for the Italian Electrical System under the
Contract Agreement between RSE S.p.A. and the Ministry of Economic Development—General Directorate for
Nuclear Energy, Renewable Energy and Energy Efficiency in compliance with the Decree of March 8, 2006.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Forouzanfar, M.H.; Afshin, A.; Alexander, L.T.; Anderson, H.R.; Bhutta, Z.A.; Biryukov, S.; Brauer, M.;
Burnett, R.; Cercy, K.; Charlson, F.J.; et al. Global, regional, and national comparative risk assessment
of 79 behavioural, environmental and occupational, and metabolic risks or clusters of risks, 1990–2015:
A systematic analysis for the Global Burden of Disease Study 2015. Lancet 2016, 388, 1659–1724. [CrossRef]

2. World Health Organization (WHO). Ambient Air Pollution: A Global Assessment of Exposure and Burden of
Disease; WHO: Geneva, Switzerland, 2016.

3. Kelly, F.J.; Fussel, J.C. Air pollution and public health: Emerging hazards and improved understanding of
risk. Environ. Geochem. Health 2015, 37, 631–649. [CrossRef] [PubMed]

4. World Health Organization (WHO). Regional Office for Europe, 2013. Review of Evidence on Health Aspects of Air
Pollution—REVIHAAP Project, Technical Report; WHO: Geneva, Switzerland, 2013.

5. Lelieveld, J.; Pozzer, A.; Pöschl, U.; Fnais, M.; Haines, A.; Münzel, T. Loss of life expectancy from air pollution
compared to other risk factors: A worldwide perspective. Cardiovasc. Res. 2020, 116, 1910–1917. [CrossRef]
[PubMed]

6. Duyzer, J.; van der Hout, D.; Zandveld, P.; van Ratigen, S. Representativeness of air quality monitoring
networks. Atmos. Environ. 2015, 104, 88–101. [CrossRef]

7. Ciarelli, G.; Aksoyoglu, S.; El Haddad, I.; Bruns, E.A.; Crippa, M.; Poulain, L.; Äijäkä, M.; Carbone, S.;
Freney, E.; O’Dowd, C.; et al. Modelling winter organic aerosol at the European scale with CAMx: Evaluation
and source apportionment with a VBS parameterization based on novel wood burning smog chamber
experiments. Atmos. Chem. Phys. 2017, 17, 7653–7669. [CrossRef]

178



Atmosphere 2020, 11, 1078

8. Squizzato, S.; Cazzaro, M.; Innocente, E.; Visin, F.; Hopke, P.; Rampazzo, G. Urban air quality in a mid-size
city – PM2.5 composition, sources and identification of impact areas: From local to long range contributions.
Atmos. Res. 2017, 186, 51–62. [CrossRef]

9. Pirovano, G.; Colombi, C.; Balzarini, A.; Riva, G.M.; Gianelle, V.; Lonati, G. PM2.5 source apportionment in
Lombardy (Italy): Comparison of receptor and chemistry transport modelling results. Atmos. Environ. 2015,
106, 56–70. [CrossRef]

10. European Union. Directive 2008/50/EC of the European Parliament and of the Council of 21 May 2008 on
ambient air quality and cleaner air for Europe. Off. J. Eur. Union 2008, 152, 1–44.

11. Zou, B.; Wilson, J.G.; Zhan, F.B.; Zeng, Y. Air pollution exposure assessment methods utilized in
epidemiological studies. J. Environ. Monitor. 2009, 11, 475–490. [CrossRef]

12. Lenschow, P.; Abraham, H.-J.; Kutzner, K.; Lutz, M.; Preuß, J.-D.; Reichenbächer, W. Some ideas about the
sources of PM10. Atmos. Environ. 2001, 35, S23–S33. [CrossRef]

13. Vardoulakis, S.; Fisher, B.E.; Pericleous, K.; Gonzalez-Flesca, N. Modelling air quality in street canyons:
A review. Atmos. Environ. 2003, 37, 155–182. [CrossRef]

14. Guevara, M.; Jorba, O.; Tena, C.; van der Gon, H.D.; Kuenen, J.; Elguindi-Solmon, N.; Darras, S.; Granier, C.;
García-Pando, C.P. CAMS-TEMPO: Global and European emission temporal profile maps for atmospheric
chemistry modelling. Earth Syst. Sci. Data Discuss. 2020. [CrossRef]

15. López-Aparicio, S.; Guevara, M.; Thunis, P.; Cuvelier, K.; Tarrasón, L. Assessment of discrepancies between
bottom-up and regional emission inventories in Norwegian urban areas. Atmos. Environ. 2017, 154, 285–296.
[CrossRef]

16. van der Gon, H.A.; Bergström, R.; Fountoukis, C.; Johansson, C.; Pandis, S.N.; Simpson, D.; Visschedijk, A.J.H.
Particulate emissions from residential wood combustion in Europe - revised estimates and an evaluation.
Atmos. Chem. Phys. 2015, 15, 6503–6519. [CrossRef]

17. Guevara, M.; Pay, M.T.; Martínez, F.; Soret, A.; Denier van der Gon, H.A.C.; Baldasano, J.M. Inter-comparison
between HERMESv2.0 and TNO-MACC-II emission data using the CALIOPE air quality system (Spain).
Atmos. Environ. 2014, 98, 134–145. [CrossRef]

18. Bessagnet, B.; Pirovano, G.; Mircea, M.; Cuvelier, C.; Aulinger, A.; Calori, G.; Ciarelli, G.; Manders, A.;
Stern, R.; Tsyro, S.; et al. Presentation of the EURODELTA III intercomparison exercise – evaluation of
the chemistry transport models’ performance on criteria pollutants and joint analysis with meteorology.
Atmos. Chem. Phys. 2016, 16, 12667–12701. [CrossRef]

19. Pernigotti, D.; Thunis, P.; Cuvelier, C.; Georgieva, E.; Gsella, A.; De Meij, A.; Pirovano, G.; Balzarini, A.;
Riva, G.M.; Carnevale, C.; et al. POMI: A model inter-comparison exercise over the Po valley. Air Qual.
Atmos. Health 2013, 6, 701–715. [CrossRef]

20. Cowie, C.T.; Garden, F.; Jegasothy, E.; Knibbs, L.D.; Hanigan, I.; Morley, D.; Hansell, A.; Hoek, G.; Marks, G.B.
Comparison of model estimates from an intra-city land use regression model with a national satellite-LUR
and a regional Bayesian Maximum Entropy model, in estimating NO2 for a birth cohort in Sydney, Australia.
Environ. Res. 2019, 174, 24–34. [CrossRef]

21. He, B.; Heal, M.R.; Reis, S. Land-Use Regression Modelling of Intra-Urban Air Pollution Variation in China:
Current Status and Future Needs. Atmosphere 2018, 9, 134. [CrossRef]

22. Hennig, F.; Sugiri, D.; Tzivian, L.; Fuks KMoebus, S.; Jöckel, K.-H.; Vienneau, D.; Kuhlbusch, T.; de Hoogh, K.;
Memmesheimer, M.; Jakobs, H.; et al. Comparison of Land-Use Regression modeling with dispersion and
chemistry transport modeling to assign air pollution concentrations within the Ruhr area. Atmosphere 2016,
7, 48. [CrossRef]

23. Wang, M.; Sampson, P.D.; Hu, J.; Kleeman, M.; Keller, J.P.; Olives, C.; Szpiro, A.A.; Vedal, S.; Kaufman, J.D.
Combining Land-Use regression and chemical transport modeling in a spatiotemporal geostatistical model
for ozone and PM2.5. Environ. Sci. Technol. 2016, 50, 5111–5118. [CrossRef] [PubMed]

24. Akita, Y.; Baldasano, J.M.; Beelen, R.; Cirach, M.; de Hoogh, K.; Hoek, G.; Nieuwenhuijsen, M.; Serre, M.L.;
de Nazelle, A. Large scale air pollution estimation method combining land use regression and chemical
transport modeling in a geostatistical framework. Environ. Sci. Technol. 2014, 48, 4452–4459. [CrossRef]
[PubMed]

25. Pepe, N.; Pirovano, G.; Balzarini, A.; Toppetti, A.; Riva, G.M.; Amato, F.; Lonati, G. Enhanced CAMx source
apportionment analysis at an urban receptor in Milan based on source categories and emission regions.
Atmos. Environ. 2019, X2, 100020. [CrossRef]

179



Atmosphere 2020, 11, 1078

26. Pepe, N.; Pirovano, G.; Lonati, G.; Balzarini, A.; Toppetti, A.; Riva, G.M.; Bedogni, M. Development
and application of a high resolution hybrid modelling system for the evaluation of urban air quality.
Atmos. Environ. 2016, 141, 297–311. [CrossRef]

27. Berchet, A.; Zink, K.; Arfire, A.; Marjovi, A.; Martinoli, A.; Emmenegger, L.; Brunner, D. High-resolution air
pollution modeling for urban environments in support of dense multi-platform networks. Geophys. Res. Abstr.
2015, 17, EGU2015-11161.

28. Ghermandi, G.; Fabbi, S.; Bigi, A.; Veratti, G.; Despini, F.; Teggi, S.; Barbieri, C.; Torreggiani, L.
Impact assessment of vehicular exhaust emissions by microscale simulation using automatic traffic flow
measurements. Atmos. Pollut. Res. 2019. [CrossRef]

29. Skamarock, W.C.; Klemp, J.B.; Dudhia, J.; Gill, D.O.; Barker, D.M.; Duda, M.G.; Huang, X.-Y.; Wang, W.;
Powers, J.G. A Description of the Advanced Research WRF Version 3, NCAR Technical Note NCAR/TN-475+STR;
University Corporation for Atmospheric Research: Boulder, CO, USA, 2008.

30. ENVIRON. CAMx (Comprehensive Air Quality Model with extensions) User’s Guide Version 6.3;
Environ International Corporation: Novato, CA, USA, 2016.

31. Janicke Consulting. AUSTAL2000 Program Documentation of Version 2.6 2014-02-24; Federal Environmental
Agency (UBA): Dessau-Roßlau, Germany, 2014.

32. University of North Carolina at Chapel Hill (UNC). SMOKE v3.5 User’s Manual. 2013. Available online:
https://www.cmascenter.org/smoke/documentation/3.5/manual_smokev35.pdf (accessed on 9 October 2020).

33. European Land Use Atlas Data. Available online: http://www.eea.europa.eu/data-and-maps/data/urban-atlas
(accessed on 9 October 2020).

34. European Monitoring and Evaluation Programme data (EMEP). Available online: https://www.ceip.at/
webdab-emission-database (accessed on 9 October 2020).

35. Italian National Inventory Data. Available online: http://www.sinanet.isprambiente.it/it/sia-ispra/inventaria/
disaggregazione-dellinventario-nazionale-2015/view (accessed on 9 October 2020).

36. ARPA Lombardia. INEMAR, Inventario Emissioni in Atmosfera: Emissioni in Regione Lombardia Nell’anno
2012—Revisione Pubblica. ARPA Lombardia Settore Monitoraggi Ambientali. Available online: https://www.inemar.
eu/xwiki/bin/view/InemarDatiWeb/Aggiornamenti+dell%27inventario+2012 (accessed on 9 October 2020).

37. Yarwood, G.; Morris, R.E.; Wilson, G.M. Particulate matter source apportionment technology (PSAT) in the
CAMx photochemical grid model. In Proceedings of the 27th NATO/CCMS International Technical Meeting
on Air Pollution Modeling and Application, Banff, AB, Canada, 24–29 October 2004.

38. Janssen, N.A.H.; Gerlofs-Nijland, M.E.; Lanki, T.; Salonen, R.O.; Cassee, F.; Hoek, G.; Fischer, P.; Brunekreef, B.;
Krzyzanowski, M. Health Effects of Black Carbon; WHO: Copenhagen, Denmark, 2012.

39. Amann, M.; Bertok, I.; Borken-Kleefeld, J.; Cofala, J.; Heyes, C.; Höglund-Isaksson, L.; Klimont, Z.; Nguyen, B.;
Posch, M.; Rafaj, P.; et al. Cost-effective control of air quality and greenhouse gases in Europe: Modeling and
policy applications. Environ. Model. Softw. 2011, 26, 1489–1501. [CrossRef]

© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

180



atmosphere

Article

Seasonal Variation in the Chemical Composition and
Oxidative Potential of PM2.5

Alex Vinson 1, Allie Sidwell 2, Oscar Black 1 and Courtney Roper 1,*

1 Department of BioMolecular Sciences, University of Mississippi, Oxford, MS 38677, USA;
atvinson@go.olemiss.edu (A.V.); obblack@olemiss.edu (O.B.)

2 Department of Biology, University of Mississippi, Oxford, MS 38677, USA; amsidwel@go.olemiss.edu
* Correspondence: clroper@olemiss.edu; Tel.: +1-662-915-1273

Received: 11 September 2020; Accepted: 9 October 2020; Published: 13 October 2020
��������	
�������

Abstract: Exposure to fine particulate matter (PM2.5) has well-established systemic human health
effects due in part to the chemical components associated with these exposures. Oxidative stress is
a hypothesized mechanism for the health effects associated with PM2.5 exposures. The oxidative
potential of PM2.5 has recently been suggested as a metric that is more indicative of human health
effects than the routinely measured PM2.5 concentration. The purpose of this study was to analyze
and compare the oxidative potential and elemental composition of PM2.5 collected at two locations
during different seasons. PM2.5 was collected onto PTFE-coated filters (n = 16) along two highways
in central Oregon, USA in the Winter (January) and Summer (July/August). PM2.5 was extracted from
each filter via sonication in methanol. An aliquot of the extraction solution was used to measure
oxidative potential using the dithiothreitol (DTT) assay. An additional aliquot underwent analysis via
inductively coupled plasma—mass spectrometry (ICP-MS) to quantify elements (n = 20). Differences
in PM2.5 elemental composition were observed between locations and seasons as well as between days
in the same season. Overall, concentrations were highest in the winter samples but the contribution
to total PM2.5 mass was higher for elements in the summer. Notably, the oxidative potential (nM DTT
consumed/μg PM2.5/min) differed between seasons with summer samples having nearly a two-fold
increase when compared to the winter. Significant negative correlations that were observed between
DTT consumption and several elements as well as with PM2.5 mass but these findings were dependent
on if the data was normalized by PM2.5 mass. This research adds to the growing evidence and
justification for investigating the oxidative potential and composition of PM2.5 while also highlighting
the seasonal variability of these factors.

Keywords: fine particulate matter; oxidative potential; particulate matter composition; filter
extraction; seasonal differences

1. Introduction

Fine particulate matter (PM2.5) is a component of air pollution with well-established systemic
health effects. There is strong evidence linking increased concentrations of PM2.5 to cardiovascular and
pulmonary comorbidities, especially amongst the elderly and those with compromised pulmonary
function [1,2]. Many regulatory agencies throughout the world set standards and guidelines based on
PM2.5 mass concentrations [3–5]. While the adverse health effects related to concentration have been
well-studied, there is comparatively less known about the underlying mechanisms of the health effects,
as well as connections of these effects to PM2.5 composition.

The relationship between the concentration of PM2.5 and its adverse health effects has been
investigated [6–8], but it is also important to note that particulate matter is a heterogenous mixture
with temporally and spatially varied compositions. Factors that impact PM2.5 composition include
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weather patterns and emission sources [9]. In coastal regions, for example, mass fractions of crustal
material, trace elements, and organic matter are higher during the Fall and Winter months while sea
salt particles were more prevalent in the Spring and Summer [9]. Throughout a single day, shifts in
PM2.5 composition can be observed at a location. This was demonstrated in the Southeast United
States where higher concentrations of carbonaceous materials were observed in the morning while
higher concentrations of sulfates were present in the afternoon [10]. In addition to temporal factors,
location can also impact compositional differences in PM2.5 which are strongly influenced by emission
sources. Both the concentration and composition of PM2.5 in rural and urban spaces varies widely
due to differing types and levels of human activity (e.g., farming, traffic, etc.) and meteorological
factors [11].

Due to the established variability in PM2.5 composition, research has begun to investigate the
health impacts of these differences. Epidemiology studies have shown a positive correlation between
elemental concentrations (primarily C, Ni, and V) and hospital admissions for cardiovascular and
respiratory issues [12,13]. Results from several studies suggest that increased toxicity is associated
with PM2.5 emitted from traffic, which contains higher concentrations of carbon and specific metals
than standard urban background [14,15]. It has also been noted that compositional differences in
inorganic (Al, Ca, Fe, K, Mg, and Pb) and organic (polycyclic aromatic hydrocarbons) content may
lead to varying mechanisms of cell death (necrosis, apoptosis, or autophagy) [16]. Establishing not
only the compositional differences and resultant toxicity outcomes but also identifying the underlying
mechanisms is critical for providing targeted regulations to protect human health.

Oxidative stress occurs when the accumulation of reactive oxygen species (ROS) overwhelms the
body’s mechanisms for neutralizing them. This state can contribute to a number of adverse health
effects including cardiovascular, neurological, respiratory, reproductive and kidney diseases, as well
as cancer [17]. PM2.5 is known to cause oxidative stress via the generation of ROS such as hydrogen
peroxide (H2O2) or hydroxyl radicals (•OH) [18]. The tendency of a chemical species to oxidize a
target molecule is known as its oxidative potential [19]. Analysis of oxidative potential has been
conducted for a number of PM2.5 studies using various assays including the dithiothreitol (DTT)
assay [20,21]. Understanding the role of PM2.5 composition and source contributions to oxidative
potential is an area of growing interest particularly due to the recent hypothesis that oxidative potential
and composition are more health relevant metrics of PM2.5 than mass [22]. Previous research has
observed differences in oxidative potential based on source contributions with increased oxidative
potential for PM2.5 from traffic and underground railway stations as compared to rural and lower
traffic locations [22]. Seasonal variations have also been explored with several studies identifying
increased oxidative potential in the summer compared to the winter [23–26]. Other studies have
investigated the connection between oxidative potential and fine particulate matter composition and
identified significant positive correlations between oxidative potential measured by DTT assays and
the concentration of transition metals present [27]. While there is growing research in this field there
is a need to further establish the trends of oxidative potential based on PM2.5 source contributions,
seasonal differences, and chemical composition particularly in understudied areas of the world like the
state of Oregon in the United States.

In this study we explore the connection between PM2.5 composition and oxidative potential at
two sampling locations across seasons. PM2.5 filter-based samples were extracted and aliquots of each
sample were used for chemical composition analysis and oxidative potential analysis. We hypothesized
that differences would be observed in chemical composition and oxidative potential between the
sampling locations and seasons. The study also was designed to explore correlations between oxidative
potential and composition of PM2.5 and analyze how these factors may change between seasons.
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2. Experiments

2.1. Reagents

Solvents and reagents included methanol, potassium phosphate monobasic (KH2PO4),
and 1,4-Dithiothreitol (DTT) (Thermo Fisher Scientific, Waltham, MA, USA), as well as 5,5′-Dithiobis
(2′-nitrobenzoic acid) (DTNB) (Sigma Aldrich, St. Louis, MO, USA).

2.2. PM2.5 Samples

Sampling sites were established monitoring locations of the Lane Regional Air Protection Agency
that had similar potential traffic sources as both were adjacent to state highways in central Oregon,
USA in residential areas (Site A: OR Route 58 near Oakridge, Oregon and Site B: OR Route 99 in
Eugene, Oregon). All sampling procedures and gravimetric procedures were according to United States
Environmental Protection Agency (EPA) standards with federal reference methods employed [28,29].
PM2.5 samples were collected on 47 mm PTFE-coated filters during 2016 in the winter (January) and
summer (July and August). Sampling occurred at both Sites A and B on 4 days for each season
(winter—1, 2, 3, and 4 January; summer—14, 17, 20 July and 1 August). Samples were collected for
24 h at 16.7 L per minute (LPM) flowrate. A blank 47 mm PTFE-coated filter, without collected PM2.5,
underwent all analyses to serve as a methods control. Samples underwent gravimetric analysis in a
temperature and humidity-controlled chamber to determine PM2.5 masses by pre- and post-sampling
filter weights and were then stored away from light at −20 ◦C.

2.3. Extraction

Each filter and control were sonicated (60 Hz, Branson Ultrasonics Corporation, Brookfield, CT)
for 60 min in approximately 8 mL of methanol. Each filter was then removed from the tube and rinsed
with additional methanol to collect any residual PM2.5 remaining on the filter [21]. The resulting PM2.5

solution was used for subsequent analyses and represents compounds that were methanol-soluble.

2.4. Analysis of Oxidative Potential

A 96-well plate version of the DTT assay was used for all analyses as previously described [21]
with minor modifications. Briefly, each PM2.5 sample in methanol and controls ((a) blank filter,
(b) vehicle (phosphate buffer), and (c) all reagents but the quenching reagent) underwent the DTT
assay. All samples and controls were mixed with 100 μL of phosphate buffer and 5 μL of 0.5 mM DTT
solution prior to incubation at 37 ◦C for 20 min. After incubation, 10 μL of 1 mM DTNB was added
to quench the reaction. The plate was then read on a plate reader at 412 nm. DTT consumption was
determined based on a DTT calibration curve (0, 0.2, 0.4, 0.6, 0.8, and 1.0 mM) prepared with stock
DTT and methanol to adjust for sample volume. All samples, controls, and calibration standards were
run in triplicate.

2.5. Chemical Analysis by ICP-MS

Aliquots of each extracted PM2.5 and control solution were blown to dryness with N2, re-suspended
in 10 mL of milli-Q water, and sonicated for 5 min. Samples were then analyzed for trace metal
content by Inductively Coupled Plasma—Mass Spectrometry (Thermo Fisher Element XR ICP-MS).
Quantitation consisted of three runs and three passes per sample to ensure a representative average
of element concentrations. Quantitative data in parts per billion (ppb) was collected for Ag, Ba, Ca,
Cd, Ce, Co, Cr, Cs, Cu, Fe, Ga, Mn, Ni, P, Pb, Sr, Tl, U, V, and Zn with calibration curves generated
using Multielement Calibration Standard Solution 2A (Spex Certiprep, Metuchen, NJ, USA). ICP-MS
instrumental parameters are displayed in Supplemental Table S1. Reagent and laboratory blank
filter controls were analyzed alongside samples to facilitate background subtraction and to evaluate
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instrumental drift during analysis. Method accuracy was evaluated by analyzing NIST certified
standard reference material 1640a “Trace Elements in Water”.

2.6. Statistical Analysis

Statistical analysis for all data was performed with Sigmaplot 14.0 (Systat Software, Inc., San Jose,
CA, USA) and Excel 16.0 (Microsoft Corporation, Redmond, WA, USA). All data were reported as a
mean± standard deviation (SD) and corrected with blank filters or other appropriate controls. Data was
analyzed using a one- or two-way analysis of variance (ANOVA) or Student’s t-test to determine
differences between PM2.5 samples. Differences with p values ≤ 0.05 were considered significant, unless
otherwise noted. Pearson correlation coefficients were calculated and corrected for multiple tests using
the Bonferroni correction to determine the p-value that was statistically significant.

3. Results and Discussion

3.1. Chemical Constituents of PM2.5

Elements normalized by PM2.5 mass were determined for each sampling site and day (Figure 1).
These values represent the summed total of all quantifiable elements that were soluble in methanol.
Significant differences were observed between the two Sites on the sampling days in both the winter
and summer; however, there was not a consistent pattern on which Site had elevated concentrations.
In the winter, there was over a 2.8-fold increase in the average summed total element concentration
at Site B compared to Site A. This pattern was not observed in the summer. Comparing between
seasons, elemental concentrations were nearly 4-fold higher in the summer samples across both Sites.
These findings are consistent with the 5 highest total element days all being observed in the summer.
Significant differences were also observed between Sites on the same days (indicated by * in Figure 1)
and a significant difference across all sampling dates was observed between Sites A and B. Specific
factors that may impact the location and seasonal differences are discussed in detail below. Overall,
variability in elemental concentrations across seasons, locations, and even days was observed in this
research, highlighting the importance of routine monitoring to understand the chemical composition
of PM2.5.

Individual element concentrations at Sites A and B (Figure 2) demonstrate the variability in
concentrations across days, sampling sites, and seasons. The most abundant element across all sites
and seasons was Ca, however this element was excluded from the figure as it was 5 times higher than
all other individual elemental concentrations. The second highest element by concentration was Fe in
both the winter (Figure 2A, average concentration across sites/days of 4.7 ng/m3) and in the summer
(Figure 2B, average concentration across sites/days of 3.5 ng/m3). One exception to this was the PM2.5

collected at site B on 1 January which had a higher Sr concentration (6.6 ng/m3). Sr concentrations in the
winter were variable (0.21–6.6 ng/m3, 2 samples below quantification limits) and were below detection
limits in the summer for all samples. Pb concentrations in the winter were variable (0.02–1.4 ng/m3,
1 sample below quantification limits) but similar to Sr were much less prevalent in the summer
(0.01–0.3 ng/m3, 4 samples below quantification limits). Pb concentrations are of particular concern
due to the established health effects, including cardiovascular-related hospital admissions, following
increased exposure to Pb in PM2.5 [12]. All individual element concentrations with standard deviations
are reported in SI Tables S2–S4.
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Figure 1. Total elements/PM2.5 mass (ng/μg) for Site A and B in winter and summer. Elements (ng)
per PM2.5 mass (μg) for each sampling day for Sites A and B are reported for January (Jan.) and July.
Element concentrations represent the summed totals of all elements that were quantified for a given
sample following blank correction. The legend represents Site A and Site B with their corresponding
colors. Mean concentrations with standard deviation, represented by error bars, are reported based on
triplicate measurements. A two-way ANOVA was used to determine significant differences (p ≤ 0.05)
between the sampling sites and days denoted by *.

Figure 2. Concentrations (ng) of elements in PM2.5 collected at Sites A and B. Bar graphs detailing
the elemental composition of PM2.5 collected at Sites A and B in the winter (A) and summer (B).
Concentrations are reported for each individual element, represented by differing colors, in ng. Ca was
excluded from this figure due to its elevated concentrations in comparison to the other elements
quantified. Ca concentrations are presented in Table S2.
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Concentrations of all quantified elements in the winter ranged from 11.9–54.3 ng/m3 and from
7.6–38.0 ng/m3 in the summer. When excluding the two most abundant elements, Ca and Fe, these ranges
were 0.09–5.4 ng/m3 for the winter and 0.007–0.02 ng/m3 for the summer. Several elements were present
only in the winter (Ag, Cd and Sr), demonstrating the reduced concentration and variety of elements in
the summer. These findings are consistent with previous studies that observed higher concentrations
and more variety in elements in the winter compared to other seasons [30–32]. One rationale for
these findings may be inversion events, which are more common in the winter months particularly
in low lying areas like basins [33,34]. Sites A and B are both in the Willamette Basin [35], making
them in an inversion-prone area and thus the potential for trapping of air pollutants during these
events. Unfortunately, additional data, including ozone concentrations, was not available at these
locations, making it difficult to confirm if these events occurred. Additional contributing factors to the
increased total elements in the winter at both sites may be source dependent, but a likely influence
is the overall increased mass loadings collected in the winter (Table S5). This indicates that while a
greater concentration of elements was present in the winter, on a per μg of PM2.5 basis, the elemental
concentrations were higher in the summer. And thus, in the summer elements contributed more to
the total PM2.5 mass compared to the winter suggesting that components, outside of the elements
measured, are impacting PM2.5 mass in the winter.

The elemental profiles were assessed at each of the locations in the winter (Figure 3A) and
summer (Figure 3B). In general, across seasons Ca was the largest contributor (>65% in the winter
and >75% in the summer) followed by Fe (≥18% in both seasons) for all but one sample (Site B on
2 January). The higher percentage of Ca in the summer may be due in part to the reduced variety and
concentrations of detected elements in the summer compared to the winter. Ca and Fe are markers of
brake dust [36,37]. Since both sites were located along highways, this likely explains the substantial
contributions of these two elements in all samples, independent of season. Additionally, Fe is released
during steel production [38] and the proximity of several steel corporations in the sampling area
may contribute to the concentration of Fe in the samples. Our findings of high contributions of Ca
and Fe in PM2.5 samples are in alignment with previous research [39]. There was an anomaly from
the observed compositional profile trends at Site B on 20 July when an increased contribution of Fe
(46.3% compared to the average of 18.1%) was observed. Subsequently this resulted in a decreased
contribution of Ca relative to the other samples. Meteorological factors including wind speed/direction,
temperature, and humidity may have also contributed to the observed differences. Average PM2.5 mass
concentrations for the summer sampling sites were within 0.25 μg/m3 of the seasonal averages but the
representativeness of this data for the entire winter and summer seasons for elemental concentrations
is unknown. However, the daily variations observed in this research suggests that assessing daily
samples is important as seasonal averages may not fully display daily differences in PM2.5 composition.

The variety of quantified elements in the winter was greater than the summer. Several elements
including Ag, Cd, Cs, Pb, Sr, and Tl were quantifiable in the winter while the only element outside of
Ca and Fe quantified in the summer was Pb on a single day at a single location (Site B on 1 August).
A potential rationale for the increased contributions of elements outside of Ca and Fe in the winter may
be the use of rock salt for treatment of snow and ice. Meteorological data collected from the region
during the sampling periods reported light precipitation before and during the winter sampling dates
with minimum temperatures consistently below freezing. Commercial rock salt can potentially contain
trace amounts of Ag, Cd, and Sr [40], which all contributed to the compositional profile in the winter
but not the summer. When considering the summer compositional profiles, it is important to note
that these only include elements that were quantifiable based on instrument limits of quantification.
Furthermore, the concentrations of elements not quantified in this research (i.e., Ni, V, Zn) may make a
substantial contribution to the summer elemental profile but this is unknown for our study.
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Figure 3. Elemental compositional profiles. Percent contributions of elements for each day and site are
represented for winter (A) and summer (B) in January (Jan) and July. All values are reported out of
100% of the total elemental concentration for individual sampling days/sites. The legend represents
elements with their corresponding colors. “Other” represents the combined contribution of Cs, Tl, U,
and Ag.

3.2. Oxidative Potential of PM2.5

The oxidative potential of each sample was assessed by measuring the DTT consumption based
on a standard DTT curve (Figure 4). Significant differences were observed between Sites A and
B on both 2 and 3 January. This suggests that spatial differences in the PM2.5, even in relatively
close proximity with similar source contributions, can result in differences in oxidative potential
measurements. This emphasizes the need for further research into a variety of locations and daily,
not just seasonal, impacts.

Figure 4. DTT Consumption per PM2.5 mass per minute. DTT (dithiothreitol) consumption (nM) per
PM2.5 mass (μg) per minute of reaction incubation for each sampling day for Sites A and B are reported
following blank filter corrections in January (Jan) and July. The legend represents Site A and Site B
with their corresponding colors. Mean DTT consumption values with standard deviation, represented
by error bars, are reported based on triplicate measurements. Students t-tests were run to determine
significant differences (p ≤ 0.05) between the two sampling sites for each sampling day, denoted by * or
** for p < 0.001.
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Overall, the summer samples consumed more DTT per μg of methanol-soluble PM2.5 at both
Sites when compared to the winter samples, except for 14 July at Site B. The differences between
seasons were not statistically significant, due largely in part to the increased variability within the
triplicate measurements for the summer samples. Significant differences on the same day of sampling
were observed between Sites in the winter, suggesting that compositional differences between Sites
may be driving DTT consumption. These findings are consistent with those observed in the total
element concentrations (ng/μg PM2.5, Figure 1) where summer PM2.5 had an increased concentration of
elements compared to the winter. Beyond the higher per mass contribution of elements in the summer,
there were potentially other compounds including DTT active compounds (i.e., Cu, quinones) that may
have been present in high concentrations in the summer but not the winter [41,42]. Further exploration
into the connections between DTT consumption and chemical constituents of PM2.5 are detailed below.

Our results are consistent with previous work in Fresno, CA, that observed a higher average of DTT
consumption during the summer [43]. Conversely, a study from China found higher concentrations
of PM2.5 and DTT consumption during the winter [23]. One potential rationale for these differences
may be regional variability as our study findings aligned with another study in the western United
States. Additional factors to consider are variation in the meteorology, sampling design, and source
contributions. Finally, PM2.5 mass may again play a role in the interpretation of this data. For consistency
across previous studies DTT consumption is reported as consumption/μg PM2.5/min. However, if not
considering PM2.5 mass, the amount of DTT consumed was not significantly different between Sites
(SI Figure S1), indicating that the filter mass loadings may be driving the oxidative potential responses.
This is discussed further in the section below.

3.3. Connections between Chemical Components and Oxidative Potential of PM2.5

The relationship between DTT consumption, elemental concentrations, and PM2.5 mass was
assessed (Tables 1 and 2). We found multiple significant Pearson correlation coefficients (R) between
the concentrations of elements, the total sum of elements, and PM2.5. Several elements had significant
positive correlations with the total sum of elements (in ng), including Ca (0.968), Fe (0.557), Sr (0.490),
and Tl (0.472); data reported as (element (R)). These correlations are consistent with the increased
concentrations of these elements relative to the others quantified. When considering the element
concentrations normalized by PM2.5 mass (ng/μg, Table 2) similar trends were seen for Ca (0.995) and Fe
(0.730). Significant positive correlations were also observed between individual elements including Pb
with 5 other elements (Ag, Cs, Fe, Tl, and U). Previous research has observed significant relationships
between Ca and Fe, Ca and Sr, and Fe and Sr [44]. Our study found no significant correlations between
these elements when considering concentrations in ng. There are a number of reasons for this including
the locations of the studies as well as sources and meteorology present.

PM2.5 mass and elements showed significant positive correlations for several individual elements
(ng) that were only quantified in the winter samples (Cd, Sr, Tl, U) or at concentrations over 2-fold
larger in the winter (Cs, Pb). This is consistent with previous work that has observed significant
correlations between elements and PM2.5 mass [45]. These correlations were not observed when
normalizing the elements (ng/μg PM2.5) which is consistent with our findings that the summer had
elevated normalized total concentrations but a reduced number of quantifiable elements.

Correlations between DTT consumption and PM2.5 mass and composition were made with PM2.5

mass normalized and non-normalized values for element concentrations (Tables 1 and 2, respectively).
For DTT consumption (nM/min) we found significant positive correlations with several elements
(Cs, Tl) and PM2.5 mass (Table 1). This was consistent with previous research identifying similar
positive correlations with DTT consumption [46]. However, when using normalized DTT consumption
(nM DTT/μg PM2.5/min), we observed that PM2.5 mass had a significant negative correlation with DTT
consumed. This was not surprising, as the summer samples had lower PM2.5 mass but higher DTT
values per μg PM2.5. Since the inverse was found when not normalizing the data (nM DTT/min or ng),
these findings highlight the need to interpret data from various studies that use both normalized [46,47]
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and non-normalized [48] values for DTT or elements as the results can significantly differ. This is of
particular concern if the PM2.5 masses between samples have stark differences, as was observed in our
study (Table S5), leading to different interpretations of the data. For example, the sum total of elements
compared to normalized DTT, if using the non-normalized elemental concentration (ng), shows a
slightly negative not statistically significant correlation to DTT. However if using the normalized
elemental concentration (ng/μg) there is a significant positive correlation to DTT consumption. Similar
findings were observed with Ca, where using non-normalized elemental concentrations had a slightly
non-significant negative correlation with DTT consumption but when normalizing the Ca concentration,
a significant positive correlation was observed with DTT. This emphasizes the need to consider the
effects of reported units in studies looking at chemical composition and oxidative potential.

Table 1. Pearson’s Correlations for DTT, elements in ng, and PM2.5.

Sr Ag Cd Cs Tl Pb U Ca Fe Total PM2.5 Mass

DTT/min 0.251 0.0557 0.126 0.569 0.525 0.223 0.188 −0.073 0.246 0.0263 0.556

DTT/μg/min −0.416 −0.218 −0.452 −0.779 −0.761 −0.517 −0.432 −0.155 −0.197 −0.253 −0.793

Sr 0.0714 0.0845 0.562 0.51 0.326 0.225 0.318 0.394 0.490 0.474

Ag −0.0512 0.354 0.0522 0.505 0.721 −0.042 0.441 0.0641 0.139

Cd 0.299 0.548 0.270 0.132 0.219 −0.065 0.220 0.547

Cs 0.895 0.642 0.595 0.284 0.417 0.420 0.904

Tl 0.513 0.445 0.388 0.235 0.472 0.981

Pb 0.845 0.364 0.675 0.506 0.589

U 0.248 0.573 0.369 0.495

Ca 0.375 0.968 0.356

Fe 0.557 0.293

Total 0.452

Element concentrations in ng and “total” refers to the sum total concentration of elements. PM2.5 mass (μg) and
DTT consumed is reported for both non-normalized (nM/min) and normalized (nM/μg PM2.5/min). The bolded
numbers signify a significant p-value with Bonferroni multiple comparisons adjustment (p < 0.001), p-values for all
correlations are reported in Table S6.

Table 2. Pearson’s Correlations for DTT, elements in ng/μg PM2.5, and PM2.5.

Sr/μg Ag/μg Cd/μg Cs/μg Tl/μg Pb/μg U/μg Ca/μg Fe/μg Total/μg PM2.5 Mass

DTT/min 0.228 0.056 0.104 −0.007 0.611 0.027 −0.102 −0.512 −0.351 −0.508 0.556

DTT/μg/min −0.354 −0.218 −0.415 0.005 −0.804 −0.210 0.008 0.603 0.699 0.633 −0.793

Sr/μg 0.090 0.023 0.136 0.482 0.012 −0.083 −0.261 −0.260 −0.245 0.346

Ag/μg −0.029 0.227 0.128 0.395 0.493 −0.174 −0.087 −0.165 0.139

Cd/μg −0.261 0.466 0.006 −0.097 −0.293 −0.379 −0.315 0.464

Cs/μg −0.042 0.708 −0.212 0.043 0.129 0.067 −0.115

Tl/μg 0.079 0.007 −0.636 −0.710 −0.662 0.910

Pb/μg 0.130 −0.011 0.038 0.006 0.129

U/μg 0.242 −0.007 0.219 −0.018

Ca/μg 0.658 0.995 −0.617

Fe/μg 0.730 −0.674

Total/μg −0.643

Element concentrations in ng/μg PM2.5 and “total” refers to the sum total concentration of elements. PM2.5 mass
(μg) and DTT consumed is reported for both non-normalized (nM/min) and normalized (nM/μg PM2.5/min). The
bolded numbers signify a significant p-value with Bonferroni multiple comparisons adjustment (p < 0.001), p-values
for all correlations are reported in Table S7.

While the total and individual element concentrations were elevated in the winter sampling period
for PM2.5 this was not reflected in the PM2.5 mass normalized element concentrations or the oxidative
potential assessment. Several elements and total PM2.5 mass concentration had significant negative
correlations with normalized DTT consumption, suggesting that components of PM2.5, other than
elements, play a role in DTT consumption.
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One limitation of our work is the absence of additional constituents of PM2.5. Elements, particularly
transition metals, previously shown to be associated with oxidative potential, including Al, Cu, Mn, Ni,
V and Zn [15,49], were excluded due to calibration curves that exceeded our quality standards. Of note,
we did not analyze for organic compounds, which have previously been shown to induce oxidative
potential [41,42,50]. Organic compounds including polycyclic aromatic hydrocarbons and alkanes have
been observed to be elevated at some locations in the summer however this is variable based on the
locations sampled [51]. Thus, we cannot definitively determine if the organic compounds played a role
in the increased oxidative potential observed but it is one likely rationale for these findings. Inclusion
of these constituents may have identified positive correlations with DTT however that does not impact
the observed findings which demonstrate the inability to consistently attribute oxidative potential to
some elements, including Fe and Pb. Additionally, only a subset of days in two seasons were studied,
so little is known about the chemical composition and oxidative potential during the fall and spring
which is of importance since oxidative potential has previously been observed to be highest in the
fall [23]. Finally, while the DTT assay is one method for the measurement of oxidative potential, there
are alternative methods that can be utilized [22]. The various methods of oxidative potential assessment
have limitations, including elevated affinity for transition metals compared to other components of
PM2.5 for the DTT assay [42]. These factors should be considered when interpreting results. Future
studies investigating daily differences in these factors across all seasons in addition to paired in vitro
and in vivo research would greatly support our findings and identify trends beyond those observed in
our selective sampling periods.

4. Conclusions

We observed significant differences in elemental composition between sampling locations along
highways in central Oregon, USA with trends suggesting increased concentrations during the winter
but increased contributions to PM2.5 mass from elements in the summer. These trends were driven by
increased PM2.5 mass concentrations and the variety of quantifiable elements in the winter. Interestingly,
we observed increases in oxidative potential of the PM2.5 samples in the summer suggesting that
despite the elevated PM2.5 mass in the winter, the components of PM2.5 in the summer resulted in
increased oxidative potential. This study demonstrates the influence of PM2.5 composition in oxidative
potential responses and highlights the importance of comparisons between PM2.5 mass normalized
and non-normalized data. Further research is needed to understand the variation within seasons of
PM2.5 composition and oxidative potential to support policies that protect human health.
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Abstract: Despite the various reduction policies that have been implemented across Europe in the
past few years, Particulate Matter (PM) exceedances continue to be recorded. Therefore, with the
principal aim to clarify the complex association between emissions and fine particles levels, this work
evaluates the impact of the anthropogenic contribution to the fine PM chemical profile. The fieldwork
was conducted during March in 2008 and 2013 and covers the periods before and during the economic
recession. The experimental data were analyzed in parallel with the emissions from the Flexible
Emission Inventory for Greece and the Greater Athens Area (FEI-GREGAA). The differentiation
of the mass closure results’ and the aerosols’ character is also discussed in combination with the
calculated PM2.5-Air Quality Indexes. The peak in the PM load and the Particulate Organic Matter
(POM) component was recorded in 2013, corresponding to the enhancement of the anthropogenic
input. Although the monitoring location is traffic-impacted, the sector of heating, from both wood
burning and fossil fuel, proved to be the driving force for the configuration of the obtained PM picture.
Especially in 2013, its contribution was two times that of traffic. Finally, the low wind speed values
led to the deterioration of the air quality, especially for the sensitive groups.

Keywords: fine particles; carbonaceous and ionic constituents; health impact; field campaign;
FEI-GREGAA emission inventory; sources; urban area

1. Introduction

In Europe, atmospheric pollution is responsible for more than 400,000 premature deaths a year,
with the largest share to the exposure of fine particulate matter (PM2.5, PM1) [1]. Fine particles
have increased potential health risk being compared to the one of coarse particles, for many
reasons: (i) they penetrate deeper in the lung (ii) they can penetrate more readily into indoor
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environments (iii) they have longer periods of suspension (iv) they may be transported over long
distances (v) they carry higher concentrations of toxic compounds and (vi) they can absorb larger
amounts of semi-volatile compounds [2].

The Particulate Matter (PM) control is a challenging problem, especially in urban areas where
large populations are exposed to increased concentration levels [3]. They have simultaneous primary
and secondary sources [4] and their toxicity is highly depended on their chemical composition which
in turn is linked to the emission sources, the atmospheric chemical processes, and the long range
transport effects [5]. Therefore, the parallel knowledge of the temporal evolution of (i) their profile,
(ii) their emission sources and (iii) their potential health risk is very important for the health protection
and the set-up of effective policy strategies. In the case of fine particles, various experimental and
modeling studies have been conducted all over the world investigating the change, for at least a
four years’ period, of the PM2.5 mass [6–10] and/or its chemical composition [11–13]. Jiang et al. [14]
and Zhang et al. [15], using a combined field and numerical modeling approach, gave insight on
the differentiation of the PM2.5 mass in connection with its health consequences for a 6 and 4 years’
period, respectively. However, the works assessing the effect of the emissions to the obtained
chemical PM profile, during several years’ period, by combining experimental and emissions data
are scarce [16,17]. To the best of our knowledge, information regarding the evolution of the PM1

fraction over time in conjunction with emission inventories does not exist at all even if this fraction is
considered as a better indicator of the anthropogenic sources [2,4,18].

Based on the above, the principal aim of this study is to assess the changes that have occurred,
in the Athenian PM2.5 and PM1 levels and their chemical profile due to the different apportionment
of the anthropogenic sources. The information concerns the changes that have taken place within
an urban location of the Athens Basin between the years 2008 and 2013. The specific years were
selected owing to their distinct characteristics. 2008 marks the beginning of the Greek economic crisis.
Consequently, the effects of the decline of the economy on the everyday life had not yet been recorded.
On the other hand, 2013 is within the economic recession with well-defined impacts of the crisis on
emission inventories [19]. The fieldwork took place in March, an intermediate month of the year
with contributions from the two significant anthropogenic contributors of the PM levels, traffic and
residential heating [19–21]. The specific sectors are strongly associated with the changes that occur in
everyday life. Therefore, with the principal aim of this work to uncover the impact of the changes of the
local input to the obtained PM chemical, the data analysis is focused on the days that do not favor the
dispersion of the air pollutants (ws < 2.5 m/s; [22]). Besides the analysis of the carbonaceous and ionic
PM2.5 and PM1 contents (mass closure, ionic balance), the results are compared with the emissions for
the two mentioned sectors from the FEI-GREGAA emission inventory, the most updated emission
inventory for the Greater Athens Area (GAA; [19]). Additionally, the differentiation of the potential
health impact of the PM2.5 levels and its dependence on the prevailing (compositional, emissions, wind)
conditions is also discussed.

2. Materials and Methods

2.1. Field Campaign

The monitoring was performed at a suburban site, very close to the Athens center and five of the
city’s main traffic avenues (Figure 1).
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Figure 1. The location of the sampling station.

As a part of this study, a total of 40 and 50 PM samples were collected during March 2008 and
2013, respectively, by following the same methodology [23–25]. Two low-volume, controlled flow
rate (2.3 m3/h) samplers were used simultaneously, during each sampling period, collecting particles on
quartz filters with diameter of 47 and 50 mm. The filters were pre-baked before the use at 550 ◦C in order to
reduce residual carbon levels associated with them while they were conditioned, in a weighing room
under controlled temperature (20 ± 1 ◦C) and relative humidity (50 ± 5%) conditions. Daily sampling
periods lasted 24 h (08:00 a.m.–08:00 p.m.) covering both the weekdays and the weekends.
The determination of the concentration of the particle mass was conducted gravimetrically using an
electronic microbalance with a resolution of 1 μg according to the European Standard EN 12341 [26].
The collected PM samples were chemically analyzed for their carbonaceous (Organic Carbon (OC),
Elemental Carbon (EC)) and ionic components (Cl−, NO3

−, SO4
2−, NH4

+, K+, Mg2+, Ca2+). The chemical
analysis for the period of 2008 was conducted at the Environmental Chemical Processes Laboratory
of the University of Crete while for 2013, the Environmental Research Laboratory of the National
Center of Scientific Research Demokritos has the responsibility. The water-soluble ions were detected
using suppressed ion chromatography while the carbonaceous constituents were determined with the
use of a carbon analyzer (Sunset Lab, Oregon, United States of America (USA); [18,26]). Note that at
least for carbonaceous material (OC, EC) both laboratories participate to frequent inter-comparisons
organized by the European Research Infrastructure for the observation of Aerosol, Clouds and Trace
Gases (ACTRIS) network by using same procedure and with similar results.

With the principal aim to investigate the impact of the change of the share of the anthropogenic
activities to the obtained fine PM chemical profile, the specific work focused on the two main
sources of particulate pollution across the Greater Athens Area, the residential heating and the traffic.
March was selected as a month with an intermediate contribution from both sectors. As it is well
known, March belongs to the transition period and is characterized by intense dust intrusion from
the Sahara Desert, a usual phenomenon for the Mediterranean basin [27,28]. Therefore, in order to
focus on the impact of the local anthropogenic emissions and limit as much as possible the long range
transport effects, only the days that were characterized by low wind speed conditions (ws ≤ 2.5 m/s)
were taken into consideration. As it has been proven by Fourtziou et al. [22] and Liakakou et al. [29],
wind values lower than 3 m/s favor the accumulation of the air pollutants within the mixing layer.
Moreover, low winds trap the pollutants near their source and they provide sufficient time for the
chemical reaction to form the secondary aerosols/constituents [12]. In March 2008, in 78.6% of the
sampling days, the wind speed ranged between 1.40 m/s and 2.50 m/s while in the same month of 2013
it varied from 0.36 m/s to 2.38 m/s (90.3% of the sampling days).
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2.2. Data Analysis

2.2.1. Mass Closure

For the purpose of mass closure, the detected chemical components were divided into five classes
as follows: Elemental Carbon (EC), Particulate Organic Matter (POM; OC*1.6 (conversion factor for
urban aerosols [30]), Secondary Inorganic aerosols (SIAs; sum of NO3

–, NH4
+ and non-sea salt sulfates

(nssSO4
2−)), Sea Salt (SS; sum of Na+, Cl−, ssK+, ssMg2+, ssCa2+ and ssSO4

2−) and Unidentified
Material (UM; the difference between the gravimetrically measured aerosol mass and the reconstructed
one (the sum of quantified chemical components)). More details about the procedure that was followed
are given in Pateraki et al. [31].

As it has previously been mentioned (Section 2.1), the days with wind speed values higher than
2.5 m/s have been excluded from the data analysis. During the March of 2008, the chemical compounds
measured during this work explained in a range between 61% to 94% and 65% and 84% for PM2.5

and PM1 mass, respectively. As far as the March of 2013 is concerned, the rates of the reconstructed
mass varied from 66% to 88% and from 65% to 95% for PM2.5 and PM1, respectively. The aerosol-bound
water, the undetected chemical components like oxygen, minerals and trace elements, the volatilization
losses, the errors that affect the mass and chemical measurements as well as the uncertainty of the
conversion of OC to POM could account for the UM Pateraki et al. [31].

2.2.2. Emissions

Concerning FEI-GREGAA [19], the methodology proposed by the Environmental Monitoring,
Evaluation and Protection/Environmental Protection Agency (EMEP/EAA) Emission Inventory
Guidebook 2016 was followed. More specifically, for the road transport and small combustion
sectors the Tier 3 and Tier 2 approaches were used for the calculation of the annual emissions for
the Attica region. For the road transport sector PM2.5, PM10, OM and EC emissions were calculated
while for the small combustion sector PM2.5, PM10 and BC emissions were produced. The respective
energy consumption per fuel type for space heating was provided by the Odyssee-Mure project [32].
The annual values were afterwards spatially and temporarily disaggregated into gridded form and
daily. The detailed methodology is described for both sectors in Fameli and Assimakopoulos [19]
and [33]. It should be mentioned that for the road transport emissions local temporal coefficients,
representative of the traffic counts profiles for the years 2008 and 2013, were used. As a result,
different road emissions were calculated for each day of March 2008 and 2013. However, for the
temporal allocation of residential heating emissions monthly and daily coefficients were used, provided
by the TNO database [34], which were updated in order to correspond to the Greek temporal activity
profiles. Moreover, for the needs of comparison with the measurements, the daily gridded emissions
were supposed to represent a 1 m cell height.

2.2.3. Health Risk

The Air Quality Index (AQI) of the US Environmental Protection Agency (US EPA) is a widely used
index which gives details about the daily air quality status [35]. In the present work, with the principal
aim to investigate the possible relationship between the configured PM burden (mass, chemical
composition) and the corresponding health effects, the USEPA Air Quality Index (AQI) for PM2.5

was applied. Details about the specific methodology, the breakpoints for the PM2.5 concentrations,
the ranges of the PM2.5-AQI categories and the possible health consequences are given in EPA 1999, [36]
and Gorai et al. [35]. Dimitriou et al. [37] found that AQI in Athens is mainly affected by PM (by 72%)
and only 28% by ozone with the contribution of other pollutants being negligible.

Finally, taking into consideration the extra adverse health effects of the acidic nature of fine
particles [26,38] the differentiation of the aerosols’ character between March of 2008 and 2013 was
investigated performing the ionic balance. The ionic balance is expressed by the ratio of the equivalent
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cation sum (sum of NH4
+, K+, Na+, Mg2+, Ca2+ in neq/m3) to the equivalent anion sum (sum of Cl−,

NO3
−, SO4

2−, in neq/m3). Details about the procedure are given in Pateraki et al. [26] and [31].

3. Results and Discussion

3.1. Data Overview

A statistical summary of the primary PM2.5 and PM1 data (mass concentrations, chemical composition)
is given on the Table S1.

The differentiation of the average obtained PM mass closure profile between the periods 2008
and 2013 is presented in Figure 2. Probably reflecting the changes in the prevailing emission sources,
the PM burden appeared to be increased during March of 2013 compared to 2008. PM2.5 was higher by
85% while in the case of PM1 the rise was up to 29% compared to 2008. On a daily basis, the PM2.5

concentrations reached 37.7 and 80.4 μg/m3 in 2008 and 2013, respectively while the corresponding PM1

peaks were 29.7 and 54.9 μg/m3. Interestingly enough, the PM1/PM2.5 ratio in 2008 ranged between 0.73
and 0.97 while in 2013 it varied from 0.33 to 0.76. According to the findings, PM2.5 in 2008 was mainly
composed of PM1 and influenced mainly by combustion and/or secondary sources. On the contrary,
in 2013 the participation rate of PM1 in the PM2.5 mass was decreased indicating that the input from
the natural sources and mechanical processes (e.g dust resuspension) was significant as well [39].

Figure 2. Differentiation of (a) the PM2.5 and (b) the PM1 mass closure profile in March 2008 and 2013.

In full agreement with the literature [2,31,40–42], the particles were mainly composed by
carbonaceous material signifying the importance of the anthropogenic activities. Therefore, POM was
the main constituent of the particles’ mass being followed by SIA (PM2.5: POM > SIA > UM > EC > SS,
PM1: POM > SIA ≈ UM > EC > SS). The more pronounced change between the two periods
occurred for POM; its contribution was 7% and 5% higher in 2013 compared to 2008, for PM2.5

and PM1, respectively (in terms of mass is almost 59% and 37%, respectively). It is worth noting
the different behavior of the other carbonaceous component, the EC. Its contribution to the PM2.5

and PM1 mass appeared to be decreased in 2013, at about 5% and 2%, respectively (in terms of mass
is almost 11% and 15%, respectively). The different nature of the two carbonaceous constituents
might be the explanation. EC is a primary pollutant formed during combustion of various fuels
(coal, wood, fuel oil and motor fuel, especially diesel) whereas POM is a complex mixture composed
of a primary (combustion derived) and a secondary material [43–46]. Therefore, the higher values
of the POM/EC ratio in 2013, taking into consideration the previously mentioned lower EC levels,
denote the decrease of the traffic input and the enhancement of the contribution from the heating sector.
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This temporal change was more evident for PM2.5 (2008: 3.02 and 3.82 as well as 2013: 8.12 and 7.02 for
PM2.5 and PM1, respectively). The hypothesis of the enhancement of the emissions from the residential
heating due to the intense use of biomass burning during 2013 is further supported by the calculation
of the OC/EC and K+/EC ratios. The average OC/EC ratio was 1.98 and 2.56 in 2008 while in 2013 it
was 4.68 and 4.27 for PM2.5 and PM1, respectively ([47]; coal combustion (0.3–7.6), vehicle emission
(0.7–2.4), biomass burning (4.1–14.5)). In the case of the K+/EC ratio, its average values were 0.15 and
0.16 in 2008 as well as 0.24 and 0.24 in 2013 for PM2.5 and PM1, respectively ([47]; biomass burning
(0.2–0.5) and fossil fuel combustion (0.03–0.09)).

3.2. Influence of the Emissions

According to the data produced by FEI-GREGAA [19], the total PM2.5 emissions, from both the
traffic and the heating sector, were higher in March 2013 (Figure 3a). In general, the increasing trend of
the produced emissions, is in compliance with the experimental data, highlighting the enhancement
of the anthropogenic contribution to the configured PM burden. The diverse rates of differentiation
between the experimental and the emissions data are due to the consideration of the input only from
the domestic and the traffic sector in the emission inventory.

Figure 3. Differentiation of the average (a) total, (b) residential heating and (c) traffic PM10 and PM2.5

emissions between the March of 2008 and 2013.

Analyzing further the emissions’ data, oil consumption for space heating decreased from 2008
to 2013 by 62.3% while wood consumption increased by 23%. As for the energy consumption by
road transport, in Greece the majority of passenger cars use gasoline as fuel type. The gasoline
consumption for the year 2008 was 4,046,516 metric tonnes and 1,453,481 metric tonnes in Greece and
Attica respectively while for the year 2013 the respective consumption was 2,669,964 metric tonnes
and 1,014,515 metric tonnes. The percentage decrease was 34.02% for Greece and 30.20% for Attica
reflecting the impact of the economic crisis. In an attempt to analyze better the change on the share
of the sources’ contribution, the PM10, EC and OM emissions are used where possible, from the two
sectors. PM10, even with a less evident differentiation (8%), presented the same behavior. As far as
the traffic related carbonaceous input is concerned, EC was almost similar between the two years
(+0.5% higher in 2013) while OM was lower in 2013 by about 7%.

Since the emissions of the residential heating were higher than those of traffic, it seemed that the
specific sector drove the changes to the configuration of the PM burden (Figure 3b,c). The corresponding
input was almost 7 and 8 times higher for PM10 and PM2.5 in 2008, and at about 6 and 7 times for
PM10 and PM2.5 respectively in 2013. This is due to the fact that particle emissions from residential
heating are highly dependent on the fuel type and the technology of the combustion installation.
They are related to the biomass burning from fireplaces and stoves to which higher emission factors
are attributed compared to the oil used by boilers [19]. Moreover, the decrease of the residential
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heating/traffic ratio from 2008 to 2013 is associated with the increase of the percentage contribution
of the Heavy Duty Trucks (HDT) to traffic PM emissions. Based on the emissions data, HDT are the
main contributor to the Athenian PM emissions. Approximately 36% and 42% of PM10 and PM2.5

emissions originated from HDT in 2008 while the relevant percentages in 2013, were 39% and 46%.
Even though the engine technology of passenger cars has improved and the withdrawal ratio of older
passenger cars increased from 2008 to 2013 this was not the case for trucks the fleet of which remained
rather stable during the above period (almost 53,000 HDT in 2008 and 52,000 in 2013). In 2013, it is
worthy to note, the almost double EC input from the domestic heating than the one from traffic as well
as the small decrease of the POM contribution from the traffic sector (7%).

3.3. Health Impact of the Aerosol Levels

The calculated PM2.5 EPA-indexes, the frequency of occurrence of the corresponding PM2.5-AQI
health categories as well as the frequency of prevalence of the acidic PM nature during the two sampling
periods are summarized in Figure 4.

a

Figure 4. Frequency of occurrence (%) of (a) the health categories and the average AQI in connection
with PM2.5 and (b) the prevalence of the acidic PM character during March of 2008 and 2013.

The increasing trend of the AQIs from March, 2008, to March, 2013 Figure 4a (the blue and red
dots are the values of the average AQI on March 2008 and March 2013, respectively), indicates the
deterioration of the air quality within the GAA with time. For both periods, the “moderate pollution”
days (People who are unusually sensitive to ozone or particle pollution may experience respiratory
symptoms; [36]) was the category more often met with its frequency of occurrence reaching the 96%
in 2008 and the 59% in 2013 (Figure 4a; the blue and red columns respectively).

In connection with the results of the ionic balance, for both fine PM fractions, the average
cation/anion equivalent ratios were lower than unity indicating that the particles were acidic
(2008: 0.74 and 0.63, 2013: 0.79 and 0.49 for PM2.5 and PM1, respectively). The frequency of prevalence
of the acidic PM character is depicted in Figure 4b. The finding is consistent with other published
works for the Mediterranean region [13,31]. Moreover, when the total cation equivalents were plotted
against the total anion equivalents, the slope of the regression line was, in all the cases, lower than
unity (Figure S1). The cation deficit (excess of anions) is commonly attributed to H+ which was not
measured using the ion chromatography and is mainly associated with nssSO4

2− (Figure S2). In general,
high levels of secondary inorganic ions are indicated to enhance the acidity of particles [48,49].

In an attempt to determine the key parameters for the potential health risk of the airborne
particles, the average compositional characteristics of the configured PM profile were associated with
the obtained PM2.5-AQI categories of the EPA and the prevailing wind speed/ temperature values.
The results are summarized in Table S2. According to the data analysis, the lower the wind speed
value, the more ‘polluted’ the investigated atmosphere is. The monitoring location was less polluted
(‘good days’ category; Air quality is satisfactory and poses little or no health risk; [36]) when the average
values of the wind speed and the temperature were 2.00 m/s and 15.2 ◦C, respectively while compositionally,
the rates of the contribution of the total carbonaceous component to the PM2.5 mass varied from 26%
to 30%. On the contrary, when the wind velocity and the temperature varied between lower values
(0.36–0.39 m/s and 12.6–13.5 ◦C) and the contribution of the total carbonaceous content was enhanced
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(42–62%) the PM2.5 status led to more serious health problems (‘unhealthy days’ category; Members of
sensitive groups may experience more serious health effects; [36]).

4. Conclusions

The specific work makes an attempt to elucidate the temporal evolution of the PM chemical profile
owing to the change of the share of the anthropogenic input during the economic recession period.
Measurements took place both in 2008; a year landmark for the global economic crisis and in 2013;
five years within the economic recession.

The main conclusions from the parallel analysis of the experimental and FEI-GREGAA emissions
data can be summarized as follows:

• An enhanced input from the anthropogenic emissions and in full compliance with the emission
data, was observed in 2013 for both the PM load and the POM component.

• The obtained PM chemical profile scheme was the result of both local and regional sources with
POM and SIA, being the main constituents of the particles’ mass.

• When moving from 2008 to 2013, the sector of residential heating seemed to drive the changes to
the configuration of the PM burden.

• In 2013, the EC input from the domestic heating was almost double of the one from traffic while
the POM contribution from the traffic sector was decreased at about 7%.

• The changes to the air quality were mainly driven by PM2.5.
• From the health perspective, the considerable deterioration of the air quality in 2013, appeared to

coincide with low average wind values (avg ws ≤ 0.69 m/s).
• Despite the position of the monitoring location next to the most trafficked avenues of the capital,

the EC input from the heating sector was double compared to the traffic in 2013.

The parallel analysis of the profile of the airborne particles with experimental and emissions data
is of great importance. Various (pollution, meteorological, health) parameters should be investigated
simultaneously, to clarify the degree of the impact of the differentiation of the share of the anthropogenic
sources to the PM chemical PM profile. An extensive field campaign including different diameter
particles within different types of environments, with a more detailed chemical characterization and
emissions from other sectors, could give a better understanding of the complex PM nature.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4433/11/10/1121/s1,
Table S1: A statistical summary of the primary PM2.5 and PM1 data (mass concentration, chemical composition),
during the different sampling periods, Table S2: A summary of the temporal differentiation of the average
compositional PM2.5 and PM1 characteristics, the wind speed and the temperature values, during the
different EPA-Health categories, Figure S1: Sum of the anions vs sum of the cations regression analysis in
(a) PM2.5 and (b) PM1 samples of 2008 and 2013, Figure S2: Differentiation of cation deficit versus the nssSO4
concentrations in (a) PM2.5 and (b) PM1 samples between 2008 and 2013.
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Abstract: Identifying the particulate matter (PM) sources is an essential step to assess PM effects
on human health and understand PM’s behavior in a specific environment. Information about the
composition of the organic or/and inorganic fraction of PM is usually used for source apportionment
studies. In this study that took place in Dakar, Senegal, the identification of the sources of two PM
fractions was performed by utilizing data on the elemental composition and elemental carbon content.
Four PM sources were identified using positive matrix factorization (PMF): Industrial emissions,
mineral dust, traffic emissions, and sea salt/secondary sulfates. To assess the effect of PM on human
health the air quality index (AQI) was estimated. The highest values of AQI are approximately 497
and 488, in Yoff and Hlm, respectively. The spatial location of the sources was investigated using
potential source contribution function (PSCF). PSCF plots revealed the high effect of transported
dust from the desert regions to PM concentration in the sampling site. To the best of our knowledge,
this is the first source apportionment study on PM fractions published for Dakar, Senegal.

Keywords: aerosol; PMF; elemental composition; PSCF

1. Introduction

As many studies have shown in the past, air pollution is a significant problem due to
the multiple effects it has on human health, the environment [1–3], and climate [4]. Many
resources and effort have been spent to reduce the particulate matter (PM) concentration
levels and, consequently, their effects on human health and understand their behavior
and properties in different environments [5,6]. Human health effects associated with PM
pollution are premature death, hospital admissions, emergency room visit, asthma attack,
chronic bronchitis, cancer, cardiovascular disease, diabetes, and restricted activity [7–10].
Identifying the (PM) sources and quantifying their contributions are essential steps towards
effectively reducing ambient (PM) concentrations [11]. (PM) can be separated based on
their size to coarse and fine. PM10 are defined as particles with a diameter equal or smaller
to 10 μm, while PM2.5, which are often referred to as fine particles, have a diameter equal
or smaller than 2.5 μm. Epidemiological studies have shown that PM2.5, due to their
smaller size, can penetrate the lower tissues of the respiratory tract and induce more severe
health-related issues [12]. The lifetime of the PM2.5 in the atmosphere is days to weeks,
while for the PM2.5–10 is minutes to hours [13]. The fine particles originate mainly from
anthropogenic and combustion related activities, as well as other urban and industrial
activities [14,15].
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The first step to all source apportionment studies is sampling. For more comprehen-
sive results it is preferable if more than one PM size fractions are sampled. The Dichoto-
mous [16], Gent Stacked Filter Unit sampler manufactured by the International Atomic
Energy Agency (IAEA) contracted with the University of Gent [17], offers the advantage of
simultaneous collection of fine (PM2.5) and coarse (PM2.5–10) fractions. Several techniques,
both destructive and non-destructive, are used to analyze the chemical composition of
PM samples. Some commonly used techniques are: energy dispersive X-ray fluorescence
(EDXRF); synchrotron induced X-ray fluorescence (S-XRF); proton induced X-ray emission
(PIXE); inductively coupled plasma with atomic emission spectroscopy (ICP-AES); and
inductively coupled plasma with mass spectroscopy (ICP-MS). These methods differ with
respect to detection limits, sample preparation, and cost [18,19]. The advantage of XRF over
other commonly used analytical techniques is that it is a non-destructive technique and
enables direct analysis of a sample without pre-treatment, and with minimum damage to
the sample itself [20]. It has often been the method of choice for analysis of trace elements
on filters and allows fast and simultaneous analysis over the total spectrum, thus enabling
the analysis of numerous elements simultaneously [21].

To effectively understand particulate-related pollution in an area, it is crucial to identify
PM sources by doing source apportionment (SA). SA models aim to reconstruct the impacts
of emissions from different sources of PM, based on ambient data registered at monitoring
sites [22]. Positive matrix factorization (PMF) is the most commonly used SA model,
and it has been successfully implemented in many areas around the world with different
characteristics [23,24]. The model is described for the first time by Paatero and Trapper [25].
The big advantage of PMF is that it can be used with little to no external information about
the sources in an area, making it a perfect choice for studies conducted in less studied
receptors. In order for PMF to find the solution (source profiles and contributions) that best
fits the studied site, a relatively large amount of data consisting of chemical constituents
gathered from a number of samples is required. According to [26], at least 50 chemically
characterized samples are required for running multivariate models. To increase the total
number of samples, datasets simultaneously collected at different sites within the same
region or different size fractions can be pooled together in one matrix [27]. Additional tools
such as hybrid trajectory-based methods that provide information about the geographical
origin of pollutants can be used to assist the user in assigning the identified source profiles
to actual sources or/and to verify the results of the SA analysis.

Dissemination of information on air quality in urban areas can lead to raised awareness
and increased citizens’ involvement in those measures aiming at containing and reducing
PM emissions. One of the first synthetic indices used for reporting air quality in an
area adopted by the United States Environmental Protection Agency (US-EPA), was the
Pollution Standard Index (PSI). In 1999, the EPA replaced the PSI index with Air Quality
Index (AQI), which includes two new sub-indices, the ozone at ground level and fine
particulate. (AQI) is an index to effectively communicate to the public the health risk due
to the ambient concentrations of pollutants [28].

Dakar is the capital of Senegal, and the most developed city of the country, having
an estimated population of five million inhabitants. The explosion of the population and
the rapid increase of industrial and agricultural activities combined with a significant rise
of the vehicular fleet resulted in a change of the city’s environment and a deterioration of
the area’s air quality. Although the air-quality of the city is monitored by the management
center of air quality, from the Environment Direction and Reserved Buildings [29], the
number of studies in the area are very limited, and none of them is referring to source
apportionment of PM2.5 and/or PM2.5-coarse [30,31]. Since Dakar is in close proximity to the
many arid areas of the African region, coarse particles are expected to have a high impact
on PM concentration levels in the area, and thus the study of this particular size fraction is
critical. Overall, Dakar is an area in the world for which results regarding the composition
and sources of PM are still scarce.
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To address the aforementioned points, the main objective of this study was the identi-
fication of PM sources in Dakar, as well as to assess the AQI. The work focused on PM2.5
and PM2.5–10 fractions. The PM samples were simultaneously collected at two sites, Hlm
(industrial area), and Yoff (near road area) in Dakar. The elemental composition of the
samples was identified using a commercially available XRF instrument (EPSILON 5 by
PANalytical, The Netherlands).

2. Experiments

2.1. Sampling

The sampling was performed in two sites, Hlm and Yoff. The sampler at Hlm site
(latitude 14◦42′53′′ N, longitude 17◦26′41′′ W) was installed in an urban/ industrial area
where many small factories as gases company, metal, food, and chemical industries are
located. Hlm is considered an industrial district with 39,100 inhabitants in an area of
approximately 2 km2. At Hlm, the sampler was installed above 2.5 m height, from the
ground, to reduce the high impact of local dust resuspension. Yoff (latitude 14◦45′14′′ N,
longitude 17◦28′04′′ W) is an area with 895 inhabitants and surface space of approximately
15 km2. The sampler was installed on the roadside across paint and printing factories, and
having a distance of 2 km from the coast. The duration of each daily collection was about
24 h. Figure 1 shows the locations of the sampling sites.

Air masses could reach the sampling points undisturbed from all directions, and
therefore the collected PM samples can be considered representative of the wider urban
area. A low volume sampler from the University of GENT was used for sampling. The
sampler is described in detail elsewhere [32]. Briefly, the sampler operates at a flow rate of
16 L min−1. It collects particulates that have an equivalent aerodynamic diameter (EAD)
of less than 10 μm in separate “coarse” (2.5–10 μm EAD) and “fine” (<2.5 μm EAD) size
fractions on two sequential 47 mm diameter filters. The discrimination against the >10 μm
EAD particles is accomplished by a PM10 pre-impaction stage upstream of the stacked
filter cassette. The air is drawn through the sampler by means of a diaphragm vacuum
pump, which is enclosed in a special housing together with a needle valve, vacuum gauge,
flow meter, volume meter, time switch (for interrupted sampling), and hour meter.

PM2.5 and PM2.5–10 were collected onto Nucleopore polycarbonate filters 47 mm
diameter with 0.4 μm and 8 μm pore size, respectively [32]. After collection, the filters
were kept in a desiccator to stabilize without hydration or contamination. The gravimetric
quantification was performed with a Sartorius microbalance Secura and Quintix model
26 with an accuracy of 10−5 g. Filter weight was obtained from the average of three
measurements when the variations were less than 0.5%.

During the years 2018–2019, a yearlong measurement campaign was performed to
collect the PM2.5–10 and PM2.5 samples. The samples were collected twice per week; one
sample during working days, and one during the weekend. This sampling protocol was
selected to achieve the highest possible variation of source contributions, which is crucial
for optimum performance of the source apportionment models. Several samples were
collected throughout the period of 2018 and 2019, and 71 of each size fraction were selected
to be analyzed by XRF. The selection was made to achieve maximum time coverage.
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Figure 1. Location of the Hlm and Yoff sampling sites.

2.2. Elemental Analysis

The elemental composition of the samples was determined by Energy dispersive X-ray
Fluorescence Spectroscopy (ED-XRF) using a commercially available system (Epsilon 5 by
PANalytical, The Netherlands) [33]. Epsilon 5 is manufactured with optimized Cartesian-
triaxial geometry and an extended K line excitation. A Ge X-ray detector is used to detect
the characteristic X-rays emitted from the sample. The XRF system that was used is a
secondary target system (ST-XRF). The system is equipped with nine secondary targets,
and the operating conditions can be set for each target to achieve optimum analysis and
performance. The total analysis time per sample was about 1.5 hour, and the operating
conditions of the instrument are described in detail elsewhere [33].

Out of the 35 elements determined by the ED-XRF method, the ones used in the source
apportionment analysis were Na, Mg, Al, Si, S, Cl, K, Ca, Ti, V, Cr, Mn, Fe, Co, Ni, Cu,
Zn, Br, Sr, and Pb. For an element to be included in the source apportionment analysis, a
threshold of at least 50% of points higher than the detection limit (DL) was set. The DLs
were calculated following the approach described in [34]. The DLs were in the range of
10 to 24 ng m−3, and the uncertainties in the range of 1 to 16%. Since the uncertainties
are a very important input in the PMF analysis, they were realistically estimated taking
into account the individual uncertainties of every step of the analytical and sampling
process [34].

2.3. Black Carbon Analysis

Black carbon (BC) or light absorbing carbon (LAC) is one of the most significant
constituents of PM. A precise and accurate determination of both the concentration and
source contribution of BC in air particulate samples can provide key information for both
environmental management regulators and researchers. To measure (LAC) on the samples
the Multi-wavelength absorption black carbon instrument (MABI) was used. The MABI
(Figure 2), which is developed at ANSTO, measures the (Io) (measured light transmission
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through blank/unexposed filter) and (I) (measured light transmission through filter after
particle sampling) values for seven different wavelengths which are used to determine the
mass absorption coefficient and black carbon concentrations at each of these wavelengths.
These wavelengths are 405, 465, 525, 639, 870, 940, and 1050 nm. MABI unit does not
automatically calculate (BC) values in concentration units (μg m−3).

Figure 2. ANSTO Multi-wavelength absorption black carbon instrument (MABI) Unit.

The first step for the calculation of BC values in concentration units (μg m−3) is the
calculation babs (black carbon light absorption coefficient) using Equation (1). For that, it is
necessary to know the exposed area of the filters (A) and sampled air volume (V).

babs = 100
A
V

ln
[

Io
I

]
= BC ∗ ε/1000 (1)

ε = Mass absorption coefficient in m2 g−1

A = Filter collection area in cm2

V = Volume of air sampled through the filter in m3

Io’ Ro = Measured light transmission and reflection through blank (unexposed) filter
I, R = Measured light transmission and reflection through filter after particle sampling.

The calculation of (BC) values in concentration units (μg m−3) is done by using
Equation (3). The accuracy of these equations relies on the mass absorption coefficient (ε),
which is a strong function of the size and density of the light absorbing particles. As black
carbon can be emitted from a range of different sources with a range of different densities
and sizes, ε is wavelength and density dependent. Ignoring this can result in an inaccurate
estimation of black carbon concentrations depending on the dominant sources present.
In the absence of any detailed information on aerosol state of mixing we use the default
value 5.39 m2 g−1 at 870 nm for ε as provided by the manufacturer [34]. However, some
indication on certain sources of PM is derived from the Angstrom exponent calculated from
the MABI measurements on the 7 wavelengths. An indication for the Angstrom exponent
is given when we plot the mass absorption coefficient for each wavelength (Figure 3). The
value of −1267 indicated that part of the BC in our measurement sites originates from
biomass burning [35].
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Figure 3. Mass absorption coefficient vs wavelength for nucleopore filters.

2.4. PMF

The basic mass balance equation that is used by PMF can be written as

X = G × F + E (2)

where X is the PM chemical composition matrix, G is the source contribution matrix, F
the factor profile matrix, and E the residuals [36]. In PMF, G and F are constrained not
to be negative (more accurately, only very slightly negative values are allowed). These
constraints help the model achieve environmentally reasonable solutions, as it is impossible
to have sources with negative contributions to PM mass.

The approach PMF follows to solve Equation (2), is to minimize the sum of the squares
of the residuals scaled by the uncertainties of the data points. The task of PMF analysis can
thus be described as to minimize Q, which is defined as:

Q =
m

∑
j=1

n

∑
i=1

eij
2

sij
2 (3)

where sij is the uncertainty of the jth species concentration in sample i, n is the number of
samples [37].

As mentioned earlier, US-EPA PMF 5.0 version was used in this study. Twenty five
variables were used as input in the model, and were namely PM, BC, Br, Rb, Sr, Ba, Pb, V,
Cr, Mn, Fe, Co, Ni, Cu, Zn, Na, Mg, Al, Si, P, S, Cl, K, Ca, Ti. The variables with signal to
noise (S/N) between 0.2 and 2 were defined as “Weak” in the model. PM mass was used
as “total variable”. Species with S/N < 0.2 are assigned as “Bad” variables [38] and were
excluded from the analysis. The elements defined as “Weak” variables were Na, P, V, Cr,
Co, Ni, Br, Zn, Rb and Ba, while Mg was defined as “Bad” variable.

When the decrease in Q becomes small with an increasing number of factors, it is
an indication that too many factors are being included in the fit [39]. In this study, a
large number of factors (3 to 10) were tested and 4 were found to yield the optimum
results. A < 5% difference was estimated between the Q robust and true values, as well as
between the Q true and theoretical values. The total number of base runs was set to 100.
All runs provided very similar results indicated by the very low difference between the
scaled residuals of the different runs. To evaluate the rotational ambiguity of the solution,
the uncertainty estimation tools provided by EPA PMF 5.0 were utilized. BS (bootstrap)
analysis showed that the factors were stable, and were successfully reproduced at a level
of at least 85%. displacement (DIS) and bootstrap-displacement (BS-DIS) analysis did not
show any factor swaps for the lowest relevant Q change level. The correlation between
modeled and true PM mass was estimated to be high (R2 = 0.75). All statistical indicators
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and uncertainty estimation tools show that the solution was well resolved, and the results
had low uncertainty.

Because the number of species used for the source apportionment analysis represented
a small fraction of PM mass, the contribution of the sources cannot be considered repre-
sentative of the PM mass. Additionally, in such cases, the estimations have high relative
uncertainty. For that reason, the source contributions are not reported.

2.5. Trajectory Analysis and Long-Range Transport

To assess the potential influence of long range transport events to PM concentrations,
statistical trajectory methods (STMs) were used. The analysis was performed by using
the OPENAIR software [40]. The HYSPLIT 4.0 model [41,42] developed by the NOAA
(National Oceanic and Atmospheric Administration) was utilized to produce the back
trajectory files. For the calculation of the trajectories, the GDAS meteorological database
was used, and the calculations were done every 3 h for 120 h back, at a height level of 500 m
above ground level (AGL). The STM that was used was the Potential Source Contribution
Function (PSCF) [36,43]. The PSCF is estimated as:

PSCF =
mij

nij
(4)

where nij is the number of times that the trajectories passed through the cell (i, j) and mij is
the number of times that a source concentration at the receptor was higher than a certain
threshold (90th percentile) when the trajectories passed through the cell (i, j).

2.6. Air Quality Index (AQI)

AQI is used to identify the poor air quality zones in urban or industrial zones. The
AQI of each pollutant is calculated by Equation (5):

Ip =
IHi − ILo

BPHi − BPLO
(CP − BPLO) + ILO (5)

where Ip is the index for pollutant p

CP is the truncated concentration of pollutant p
BPHi is the concentration breakpoint that is greater than or equal to CP
BPLO is the concentration breakpoint that is less than or equal to CP
IHi is the AQI value corresponding to BPHi
ILo is the AQI value corresponding to BPLO

3. Results

3.1. Concentration Level of Particulate Matter

The concentration levels of the collected PM size fractions in the two study sites are
presented in Table 1.

Table 1. Particulate matter (PM)2.5–10 and PM2.5 mass concentrations at Hlm and Yoff sites during
the study period in μg m−3.

Sites Hlm Yoff

Particulate Matter
Mean

Median
Maximum
Minimum

PM2.5–10

246.16
207.80
538.47
123.55

PM2.5

280.58
259.55
482.29
184.80

PM2.5–10

240.03
203.81
501.89
22.24

PM2.5

302.73
290.13
494.69
148.27

The mean values of PM2.5–10 concentrations at Hlm and Yoff are 246.16 and 240.03 μg m−3,
respectively. The average PM2.5–10 concentration at the two sites is very similar, even though
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they have different characteristics (industrial and urban). This fact is an indication that
anthropogenic emissions are not the dominant factor that affects PM mass in the area,
which is most likely affected mainly by natural sources. The 24 hours limit value for the
coarse particles in Senegal is 150 μg m−3 [44].

The average PM2.5 concentration at Hlm and Yoff is 280.58 and 302.73 μg m−3, respec-
tively. PM2.5 concentration is higher in Yoff than in Hlm, indicating that urban activities in
Dakar have a higher contribution in PM2.5 concentration levels than industrial activities.
This might be related to the characteristics of the car fleet used in the city, which might
lead to increased traffic-related emissions. Due to the extremely high PM2.5 concentrations,
it can be assumed that dust also contributes to this fraction. Although dust particles are
mostly related to coarse fractions of PM, it can also contribute significantly to PM2.5, as
according to the size distributions, the lower tail of the coarse mode particles is found
in PM2.5.

3.2. Elemental Concentration

The mean values and standard deviations of the elemental concentrations of the PM2.5
and PM2.5–10 samples in the two sites are presented in Table 2.

Table 2. The average concentration and standard deviation (Stdev) of the elemental concentrations
in sites during the studied period in μg m−3.

BC Na Mg Al Si P S Cl K Ca Ti Pb

Mean 3.6 0.57 0.11 1.26 3.10 0.13 0.50 2.19 0.37 5.71 0.2 0.13
Stdev 0.47 0.18 0.03 0.21 0.51 0.03 0.05 0.36 0.03 0.61 0.02 0.03

V Cr Mn Fe Co Ni Cu Zn Br Rb Sr Ba
Mean 0.01 0.01 0.01 2.17 0.002 0.01 0.03 0.07 0.01 0.013 0.03 0.02
Stdev 0.001 0.001 0.004 0.233 0.001 0.001 0.003 0.009 0.002 0.003 0.003 0.004

The elements that present the highest concentrations are Ca, Si, Cl, Al, Fe, Na, S, and
K. All these elements originate mainly from natural sources, with the exception of K that
can be a soil component but can also be emitted from biomass burning. Ca, Si, Al, and Fe
are well-known soil components [45]. Na and Cl usually originate from sea salt, especially
in coastal areas. S is found in the particulate phase mainly in the form of SO4

2−, which is
formed by the oxidation of its precursor gas SO2. The elemental concentrations also indicate
the importance of natural sources in the area, and especially of soil resuspension source.

3.3. Source Apportionment

Four factors with physical meaning were obtained using the EPA PMF model. The
identified sources were namely mineral dust, sea salt/secondary sulfates, traffic emissions,
and industrial emissions. The chemical composition of the sources is represented by the
four factors from the PMF analysis presented in Figure 4.

The first factor has high loadings of Al, Si, and K that clearly indicates mineral dust as
the origin source. This source might be somewhat mixed with biomass burning emissions,
as K is a tracer of that source as well [46]. The low concentration of BC in the factor indicates
that biomass burning contribution to the factor is low.

The second factor contains high concentration of Cl and Br corresponding to sea salt
source. The factor also contains a very high percentage of S, which indicates that a factor is
mixed with secondary sulfates. The fact that the two sources are mixed might be attributed
to synchronous transportation from the sea or coastal region to the sampling point.

Factor 3 is identified as traffic emissions, and it contains a high concentration of BC,
Cu, Ni, and Pb (>60%). In this factor we found also Rb and Ba. According to previous
studies, Ni, Cu, Zn, Br, and Pb are related to exhaust traffic emissions [47]. Cu originates
from break abrasion and Zn from the combustion of lubricating oil and tire wear [48].
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Figure 4. PM sources profiles. The bars represent the normalized concentration of the species in the profile, and the squares
show the contribution of the source to the average species concentration with (a) Mineral Dust, (b) Sea Salt/Secondary
Sulfur, (c)Traffic and (d) Industry emissions.

Factor 4 is characterized by a high concentration (>50%) of P, Cr, Zn, Fe, Ti, Ca, and
Mn that clearly indicates heavy industry, primary refinery, and/or coal mines, as well as
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the use of lubricant oils [49,50]. Around Hlm site, we found metallurgy industry, food
factory, chemical industrial, and gas company.

Probably because of the very high dust load in the region (as indicated by the high
concentrations of earth components/elements, >12 μg m−3 as sum of the elements in pure
form), the presence of crustal elements/tracers is apparent in every factor. It has been
shown in previous publications that if PM of certain origin have really high concentrations
in a region (>50 μg m-3), their effect can be identified in other factors [51].

3.4. The Role of Long-Range Transport

The highest concentrations of coarse particulate matter (PM2.5–10) appear to be related
to long-range transport from the Sahara desert. The highest concentrations of fine particu-
late matter (PM2.5) are transported from Mali. PSCF analysis (Figure 5) indicates source
areas that affect the receptor during the days that the observed pollutant concentrations
at the receptor are high. The fact that long-range transport affects the local PM concentra-
tions, does not mean that the local contributions are low. PSCF analysis also indicates the
strong influence of natural sources to PM levels in Dakar, and especially the influence of
transported dust from the nearby arid regions. The fact that mineral dust particles affect
the concentrations of PM in region, can also be confirmed by the high contributions of
soil-related elements (Table 3).

Figure 5. Potential Source Contribution Functions (PSCFs) for the 85th percentile of (a) PM2.5 to Hlm,
(b) PM2.5–10 to Hlm, (c) PM2.5 to Yoff and (d) PM2.5–10 to Yoff.

3.5. Air Quality Index (AQI)

The breakpoint concentrations have been defined by the EPA on the basis of National
Ambient Air Quality Standards (NAAQS) as shown in Table 3 [52].

216



Atmosphere 2021, 12, 182

Table 3. Breakpoint Concentration of air pollutants defined by U.S. EPA.

These Breakpoints
Equal

This AQI
This Category

O3 (ppm) 8-h O3 (ppm) 1-h
PM2.5

(μg m−3)
24-h

PM2.5–10
(μg m−3)

24-h

CO (ppm)
8-h

SO2 (ppb)
1-h

NO2 (ppb)
1-h AQI

0.000–0.054 - 0.0–12.0 0–54 0.0–4.4 0–35 0–53 0–50 Good
0.055–0.070 - 12.1–35.4 55–154 4.5–9.4 36–75 54–100 51–100 Moderate

0.071–0.085 0.125–0.164 35.5–55.4 155–254 9.5–12.4 76–185 101–360 101–150 Unhealthy for
Sensitive Groups

0.086–0.105 0.165–0.204 55.5–150.4 255–354 12.5–15.4 (186–304) 361–649 151–200 Unhealthy
0.106–0.200 0.205–0.404 150.5–250.4 355–424 15.5–30.4 (305–604) 650–1249 201–300 Very unhealthy

0.405–0.504 250.5–350.4 425–504 30.5–40.4 (605–804) 1250–1649 301–400 Hazardous
0.505–0.604 350.5–500.4 505–604 40.5–50.4 (805–1004) 1650–2049 401–500 Hazardous

The highest individual pollutant index, Ip, represents the (AQI) of the location. The
pollution level and status will be highlighted according to the (AQI) number, as shown
in Table 3. The situation in an area can be classified from good to hazardous [53]. The
conditions for ideal air quality was defined by [28].

Figures 6 and 7 show the distribution of the air quality index (AQI) levels for the
particulate matter PM2.5–10 and PM2.5 in Dakar. PM2.5–10 and PM2.5 represent in this study
the “key pollutants”. The four major dynamic variables to interpreting the (AQI) time
series were energy consumption structure, pollutant emissions, weather and topography
of the city [54].

Figure 6. Evolution of PM2.5–10 concentration and air quality index (AQI) values with time.
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Figure 7. Evolution of PM2.5 concentration and AQI values with time.

Figure 6 shows that (AQI) for the coarse particles ranges between 35 and 435. The
figure includes the measurements conducted at both sites (Yoff and Hlm). The values of
(AQI) are high in both areas. Furthermore Yoff site is close to the sea meaning that the air
there is generally cleaner. The PM2.5–10 concentration is proportional to values (AQI) of
1.55. According to the findings of the study, the highest (AQI) value recorded in Hlm is
approximately 488. This value is very high, even for an industrial area. Regarding Yoff the
highest value of (AQI) was found to be approximately 497. We can conclude that Hlm and
Yoff cities are severely polluted in PM2.5–10.

In Figure 7, the AQI for PM2.5 is presented. The (AQI) ranged between 199 and 497,
which classifies the situation in the city from very unhealthy to hazardous. The (AQI)
values for PM2.5 are more important than those of PM2.5–10 because the potential toxicology
impact PM2.5 is higher. The highest values of (AQI) are approximately 497 and 488, in Yoff
and Hlm, respectively. In contrast to what was found for the coarse particles, the (AQI) for
PM2.5 is higher in the urban zone.

4. Conclusions

This study took place in the capital city of Senegal, Dakar; a coastal area of 5 million
inhabitants. The measurement campaign took place during the years 2018 and 2019.
PM2.5–10 and PM2.5 samples were collected twice per week (one on a working day and
one during weekend). The average concentration of PM2.5–10 at Hlm and Yoff were found
equal to 246.16 and 240.03 μg m−3, respectively, while the average concentration of PM2.5
was 280.58 and 302.73 μg m−3, respectively. The concentration of the coarse particles was
higher in Hlm, whereas the fine particles are more important in Yoff site. The elemental
composition of the PM samples was determined using XRF. The elements that present the
highest concentrations are Ca, Si, Cl, Al, Fe, Na, S, and K. All these elements originate
mainly from natural sources, with the exception of K that can be a soil component but can
also be emitted from biomass burning. According to PSCF, the high PM2.5 and PM2.5–10
concentration levels were related to long-range transportation events from Mali and Sahara
desert, respectively. The sources of PM2.5–10 and PM2.5 were identified using EPA PMF 5.0.
Four PM sources were identified: industrial emissions, mineral dust, traffic emissions, and
sea salt/secondary sulfates. (AQI) for the coarse particles ranged between 35 and 435, and
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based on those findings, it can be said that Hlm and Yoff cities are severely polluted in
PM2.5–10. (AQI) for PM2.5 ranged between 199 and 497, which classifies the situation in the
city from very unhealthy to hazardous.

This study is the first study that investigates the sources of PM2.5–10 and PM2.5 in
Dakar. The information summarized are important as it can provide information to the
people and the government of Senegal about the particulate related pollution in the area. It
must be notted here that the extremely high particulate levels found in Dakar are mainly
due to mineral particles (desert dust and locally resuspended mineral particles). It is
not easy to aseess the pollution levels based only on an AQI calculation that takes into
account the concentrations of suspended particles, even though the concentrations of fine
particles are indeed very high. The relatively limited available data concerning the chemical
composition of PM (and the lack of data about gas concentrations) do not allow to conclude
definitively about the seriousness of the air pollution in Dakar, since as stated before the
estimates presented in this study are based mainly on the overall concentration, and not on
PM chemical composition. Further studies will be necessary to arrive at a more realistic
state of air quality in this city, that include the measurement of additional PM chemical
components and better quantification of source contributions.
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Abstract: Moss biomonitoring is a widely used technique for monitoring the accumulation of
trace elements in airborne pollution. A total of one hundred and five samples, mainly of the
Hypnum cupressiforme Hedw. moss species, were collected from the Northern Greece during the
2015/2016 European ICP Vegetation (International Cooperative Program on Effects of Air Pollution
on Natural Vegetation and Crops) moss survey, which also included samples from the metalipherous
area of Skouries. They were analyzed by means of neutron activation analysis, and the elemental
concentrations were determined. A positive matrix factorization (PMF) model was applied to the
results obtained for source apportionment. According to the PMF model, five sources were identified:
soil dust, aged sea salt, road dust, lignite power plants, and a Mn-rich source. The soil dust source
contributed the most to almost all samples (46% of elemental concentrations, on average). Two
areas with significant impact from anthropogenic activities were identified. In West Macedonia, the
emissions from a lignite power plant complex located in the area have caused high concentrations
of Ni, V, Cr, and Co. The second most impacted area was Skouries, where mining activities and
vehicular traffic (probably related to the mining operations) led to high concentrations of Mn, Ni, V,
Co, Sb, and Cr.

Keywords: positive matrix factorization model; trace elements; moss; biomonitoring; neutron
activation analysis

1. Introduction

Trace elements are dispersed widely in all ecosystems. They interact with different
natural components of the environment and they have a significant impact on the bio-
sphere [1–3]. The majority of trace elements are deposited on the terrestrial environment
from the atmosphere through either wet or dry deposition. The atmospheric deposition of
trace elements is a matter of great concern worldwide, as, depending on their concentra-
tions, trace elements may be hazardous both for humans and the environment [4–7].

In order to determine the atmospheric deposition of trace elements, complicated and
expensive classical analytical methods are usually required. However, there is another
reliable technique that uses living organisms (grass, leaves, pine needles, mosses, and
lichens) in order to study the environmental quality and the effects of trace elements on the
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biosphere [8–13]. The biomonitoring technique is a rapid, effective, and low-cost technique
that can provide data for the atmospheric deposition of trace elements in even remote
areas. Over the last few decades, among the different living organisms, mosses are the
bioaccumulators that have been widely used for this purpose, as they display very unique
characteristics, both morphologically and physiologically [6,14,15].

Mosses were first used as biomonitors of the atmospheric fallout in the Scandinavian
countries [16–19]. They have no rooting system; all the necessary elements and water are
obtained directly through wet and dry deposition, while some trace amounts of nutrients
may also come from the soil [11,20–25]. They grow up slowly and they can provide
information about the atmospheric fallout over a long time of exposure. Each annual
accumulation of trace elements can be distinguished with the use of the annual growth
segments of mosses [26]. Mosses are suitable for monitoring elemental concentrations
on a large geographic scale [6,8,23,27,28] while also achieving high-sampling-density
networks [3,15,29].

The moss biomonitoring technique is used as part of a European monitoring program
for air pollutants that has been performed since the 1990s on a regular basis (every five
years) [30]. The “European moss survey” is performed under the auspices of the ICP
Vegetation (International Cooperative Program on Effects of Air Pollution on Natural
Vegetation and Crops), aiming at the atmospheric deposition of trace elements on mosses
across Europe [13,31]. Greece contributed for the first time to such an extent to the European
moss survey by providing data on the elemental concentrations in moss samples collected
in all the northern part of the country.

Different statistical tools are usually applied in moss studies for the identification of
the emission sources of the trace elements, such as the factor analysis (FA) and principle
component analysis (PCA) methods [15,32]. In the present study, a more robust source
apportionment technique, positive matrix factorization (PMF), was applied for the first
time in mosses in the Greek territory. PMF displays enhanced features with respect to the
FA and PCA methods, namely the use of the experimental uncertainty in order to weigh
the data values and non-negativity constraints for the obtained factors [33]. It is one of the
most popular source apportionment techniques for atmospheric aerosol and is extensively
used in the framework of air quality management [34–36]. PMF is a receptor modeling
tool that attributes the observed elemental concentrations to their major emission sources
without “a priori” information on source chemical profiles [36–38]. To our knowledge,
this source apportionment technique has been applied for the identification of natural
and anthropogenic sources of trace elements in mosses in only very few recent research
works [39,40].

The overall objective of this research was to study the bioaccumulation of trace
elements in mosses of Northern Greece, to identify their sources by applying the positive
matrix factorization model, and to establish a Greek database for future studies.

2. Materials and Methods

2.1. Study Area and Sampling

The “Moss survey” sampling protocol followed the instructions of the ICP Vege-
tation Monitoring manual; thus, only samples of natural growing pleurocarp mosses
were collected. In drier areas—as Greece is—the taxa Hypnum cupressiforme Hedw., Pseu-
doscleropodium purum (Hedw.) M. Fleisch, Camptothecium lutescens (Hedw.) Schimp., and
Homalothecium sericeum (Hedw.) Schimp. were among the recommended taxa to be col-
lected [23,30,31]. All samples of fresh moss material were collected from open areas, at least
300 m from main roads and 200 m from populated areas, and from different substrate types
(rocks, surface soil, branches, and near roots). It was recommended to make one composite
sample consisting of five sub-samples from each sampling point, if possible, and to collect
them within an area of about 50 × 50 m. Sub-samples were placed side by side in large
plastic bags, which were tightly closed to prevent contamination during transportation.
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For each sample, the amount of fresh moss collected for elemental analysis was about one
liter (ICP Vegetation Protocol) [32].

The moss sampling took place in the area of Northern Greece during the end of the
summer of 2016. There was no rain during the sample collection and no contact with
surface water. Any extraneous materials that might have been found on the moss surface
were removed manually from the samples. Mosses were not washed, and after sampling,
they were frozen until further treatment according to the ICP Vegetation Protocol [31].

In total, 105 moss samples were collected, with the sampling sites’ altitudes ranging
between 30 and 1450 m above sea level. More specifically, 95 moss samples were col-
lected from 39.97◦ North to 41.65◦ North and from 20.97◦ East to 26.26◦ East, in a grid of
30 × 30 km (Figure 1), while the remaining 10 moss samples were collected from the area
of Skouries (40◦28′ N, 23◦41′ E), close to active mining facilities. The area of Skouries is
located almost in the middle of Northern Greece, in the Northeastern Chalkidiki peninsula
(Central Macedonia Region, Chalkidiki Prefecture), and has had a long mining history
since ancient times (6th century B.C.). In recent years, many studies have been performed
on the environmental pollution of the area due to the mining activities [41–46]. The present
study is the first one to use moss samples as monitors of trace elements originating from
the mining activities in the Skouries area.

Among the moss taxa recommended for collection, in Northern Greece, the most
commonly found taxon was the Hypnum cupressiforme Hedw., and it was collected in
the majority of the sampling sites (in 92 sites), with the other moss samples being Pseu-
doscleropodium purum (Hedw.) M. Fleisch, Camptothecium lutescens (Hedw.) Schimp., and
Scleropodium touretii (Brid.) L.F. Koch. From the Skouries area, the ten moss samples
collected belonged to taxa found in great abundance in the specific area: Hypnum cupressi-
forme Hedw., Homalothecium sericeum (Hedw.) Schimp., Isothecium alopecuroides (Lam. ex
Dubois) Isov., Antitrichia curtipendula (Hedw.) Brid., Pterogoniumgracile (Hedw.) Sm., and
Dicranum scoparium Hedw. [47].

It must be noted that, according to the ICP Vegetation Protocol, when bryophyte
species other than the main preferred ones (i.e., Hylocomium splendens (Hedw.) Schimp. or
Pleurozium schreberi (Willd. ex Brid.) Mitt., which are species more commonly found in the
northern European countries but are not so common in drier areas) are used for a survey, a
comparison and calibration of their uptake of heavy metals relative to the main preferred
species must be performed [31].

Figure 1. The moss sampling sites in Northern Greece.

2.2. Sample Preparation and NAA Analysis

After sampling, mosses were prepared and analyzed through neutron activation
analysis (NAA) at the IBR-2 reactor of the Frank Laboratory of Neutron Physics, Joint
Institute for Nuclear Research (JINR), in Dubna, Russia.

More specifically, samples were air-dried to a constant weight for 3 h at 40 ◦C, and
they were then homogenized and pelletized using a press form. Each sample was packed
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into plastic bags for short-term irradiation, and then into aluminum foil cups for long-term
irradiation. Through a pneumatic system, REGATA, the packed samples were irradiated in
two different irradiation channels of the IBR-2 reactor for short- and long-term irradiation.
For the determination of the short-lived isotopes (Al, Na, Mg, Ti, Cl, Mn, V, Ag, Ni),
samples were irradiated for 180 s, while for the long-lived isotopes (Ca, K, Sc, Br, Rb,
Sr, Cr, Fe, Co, Zn, Th, U, As, Ce, Cs, Mo, Zr, Sb, Ba, La, Sm, Gd, Tb, Hf, Au), they
were irradiated for 4–5 days. In accordance with the quality assurance procedures of the
Moss Monitoring Manual of the ICP Vegetation Protocol [8,31], simultaneously with the
moss samples, certified reference materials (NIST SRM 1547—peach leaves, NIST SRM
1575a—pine needles, NIST SRM 1633b—coal fly ash, NIST SRM 1632c—coal (bituminous),
NIST SRM 2709—San Joaquin soil, and IRMM SRM-667—estuarine sediment), which were
provided by the National Institute of Standards and Technology (NIST) and the Institute for
Reference Materials and Measurements (ERM), were also irradiated in the same channels
of the reactor and under the same conditions. The standard reference materials (SRMs)
varied between 1% and 14%, with the exception of Mn, Ti, Mg, Br, and Hf, for which the
relative differences were 20%. There was no use of correction factors in calculating the
final elemental content for the moss species approved by the program, and no additional
variability was added to the data.

After irradiation, samples were measured by High Purity Germanium (HPGe) detec-
tors of 40% relative efficiency and 1.74 keV FWHM (full-width at half-maximum) at the
1332 keV line of 60Co. More specifically, for the determination of the short-lived isotopes,
the samples that were irradiated for a short time period were measured with gamma
spectrometry for 15 min immediately after their irradiation. Concerning the long-lived
isotopes, samples were measured with gamma spectrometry once for 5 h after 3 days of
their irradiation, and once more for 20 h at 20 days after their irradiation. The GENIE-2000
software was used for the analysis of the gamma spectrum. Based on the certified values of
the reference materials and by using special software that was developed in the JINR [48],
the concentrations of 34 elements in mosses were defined.

2.3. Positive Matrix Factorization (PMF) Analysis

The measured elemental concentrations were used for the application of receptor
modeling for the identification of the sources of trace elements. More specifically, the
positive matrix factorization (PMF) source apportionment method was applied by means
of the EPA PMF 5.0 model [37].

The PMF model is a mathematical model based on the mass conservation between
an emission source and a study site [49]. It apportions the concentration of each chemical
element in each sample to the different sources impacting this element using the following
mass balance equation

cij = ∑p
k=1 gik × fkj+ eij (1)

where
cij is the concentration of a chemical element j measured in sample i,
p is the number of factors (sources) that contribute to the measured concentrations,
gik is the contribution of the source k to the sample i,
fkj is the concentration of the chemical element j in the source k, and
eij is the residual (the difference between the measured value and the value fitted by

the model) for chemical element j in sample i.
The model solves Equation (1) by minimizing the following object function:

Q =
m

∑
j=1

n

∑
i=1

e2
ij

s2
ij
=

m

∑
j=1

n

∑
i=1

(c ij − ∑
p
k=1 gik × fkj

)2

s2
ij

(2)

where sij is the uncertainty of the measured concentration of chemical element j in sample i,
n is the number of samples, and m is the number of chemical elements [50].
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Thus, as shown by Equation (2), the PMF solution is a weighted least squares fit,
where the known standard deviations of the input concentration values (sij) are used
for determining the weights of the residuals, eij. In addition, the model implements
non-negative constraints [51,52]. The final output consists of two matrices: Matrix G,
including the contributions of each source to each sample (gik), and Matrix F, including the
concentration of each chemical element in each source (fkj). This output depends on the
number of factors/sources (p), which should be defined by the user.

The input database for the source apportionment analysis included 30 chemical ele-
ments (Na, Mg, Al, Si, Cl, K, Ca, Cd, Ti, V, Cr, Mn, Fe, Co, Ni, As, Br, Rb, Sr, Mo, Sc, Sb, Cs,
Ba, La, Ce, Tb, Hf, Ta, and Th) that were detected in the 105 samples. The uncertainties
of the concentrations of all chemical elements were calculated based on the sampling and
analytical uncertainties. Elements with high uncertainty values (low signal-to-noise (S/N)
ratio) were excluded from the analysis. In addition, four chemical elements (Mg, Al, Cd,
and Th) were set as “weak” chemical elements because, based on the initial model runs,
they produced high residual values. In the case of “weak” elements, the model triples all
uncertainties associated with these chemical elements [53,54]. Additionally, an extra 10%
modeling uncertainty was added in the model to account for modeling errors.

Solutions with different numbers of sources (ranging from 4 to 10) were examined [36].
Based on different criteria, such as the distributions of the residuals, the G-space plots, and
the Q values, the best solution of the model was extracted, including five sources with a
physical meaning. The final solution was based on 100 runs, while the rotational ambiguity
of the solution was also assessed through the use of different Fpeak values (in the range
−1.0 to 1.5). The best solution was found for Fpeak = −0.5.

3. Results

3.1. Elemental Concentrations in Mosses

The descriptive analyses (max, min, mean, median, and standard deviation) of the
elemental concentrations of the moss samples collected from the whole region of Northern
Greece are presented in Table 1, while the concentrations of mosses collected specifically
from the area of Skouries are presented in Table 2. This distinction was performed in order
to separately study the case of Skouries and to understand the impact that the mining
activities have on the area. The results of the current study are in agreement with the data
obtained from a previous moss biomonitoring study held in Northeastern Greece, close
to the Bulgarian boarders [55]. A more detailed discussion of the measured elemental
concentrations may be found in [56].

3.2. Source Apportionment of Elemental Concentrations

According to the PMF model results and all the performance criteria described above,
the best solution that was extracted included the following five sources: soil dust, aged sea
salt, road dust, lignite power plants, and a Mn-rich source. The chemical profiles of all the
identified sources and the percentage of each chemical element assigned to each source are
presented in Figure 2.

The soil dust source was identified by the high contribution of crustal elements,
such as Mg, Al, Ti, Si, Ca, Th, Ba, La, K, and Fe [57]. More than 40% of the mass of key
crustal elements (such as Si, Ca, K, and Mg) was assigned to this factor by the model.
This source may represent the local soil dust resuspension or soil dust transported from
greater distances, such as during the long-range transport of African dust [34]. It should
be mentioned that the dry climate of Greece favors soil resuspension, even over long
distances [58].
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Figure 2. The chemical profiles of the soil dust, aged sea salt, road dust, lignite power plant, and
Mn-rich source. The light blue bars (left axis) represent the concentrations as mass fractions, while
the red dots (right axis) represent the percentage of each chemical element’s mass that is assigned to
each source.

The aged sea salt source was identified by the very high contribution of Na. Chlorine
was also present in this factor, but in much lower concentrations than expected for the sea
salt based on stoichiometry. The Cl/Na ratio for fresh sea salt is equal to 1.8 [59], while the
respective ratio in this factor was below 0.01. This indicates the depletion of Cl from this
source, suggesting that the sea salt particles deposited on mosses were not fresh and had
previously interacted with anthropogenic pollutants [53]. A significant part of the Hf and

229



Atmosphere 2021, 12, 208

Ta mass (above 50%) was also apportioned to this factor. These two elements have been
associated with heavy oil combustion [60] and may be indicative of shipping emissions
arriving together with sea salt particles.

The dispersed road dust source included high loadings of Sb and As. This factor is
related to vehicular traffic and reflects the road dust that has entered into the atmosphere
through the wind action or through the turbulent action of motor vehicles passing across
road surfaces [61]. More than 70% of the mass of Sb was assigned to this factor. Sb is a
common traffic tracer, and is mainly associated with the brake pads in cars [22,37,62–65].
The dispersed road dust source also included high concentrations of crustal elements from
the dust deposited in the road and resuspended due to vehicular traffic (such as Fe, Si, and
Al), as well as Ba, an element that is also related to brake abrasion [65].

The lignite power plant source was identified by the presence of Ni, Cr, and Co. More
than 60% of the Ni and Cr mass was assigned to this source. Ni is a common component
of fly ash, while Cr and Co are linked to fossil fuel burning [37,66]. This factor is also
influenced by high loadings of the V and Mg, which are also elements included in the fly
ash produced by the burning process. A part of the fly ash may escape from the filters of
the power plants and be emitted into the air. It should be noted that the contribution of this
source is very high in the Skouries area and in West Macedonia, an area greatly impacted
by the Ptolemaida lignite power plants. Regarding the area of Skouries, this source may be
also related to local rocks, specifically amphibolites, which are considered to have derived
from ophiolites, which are rich in Cr, Ni, and Co [67–69].

The Mn-rich source was characterized by high concentrations of Mn and was associ-
ated with mining activities. It should be noted that this source was more prevalent in the
Skouries samples, further supporting its association with the mining activities in the area.
Mixed sulphide and manganese deposits exist in the area north of Skouries, contributing
to the observed Mn concentration [69].

The relative source contributions for each sample are presented in Figure 3. The
average source contributions for the whole region of Northern Greece are presented in
Figure 4. Among the five sources identified by source apportionment, the soil dust source
was the one that contributed the most to the elemental concentrations found in mosses
(46%), followed by the aged sea salt source and the road dust source.

Figure 3. The relative contributions of the sources to each sample.
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Figure 4. The average source contributions for the region of Northern Greece (based on all
105 moss samples).

4. Discussion

Mosses are ideal bioindicators of trace elements. Moss biomonitoring is an efficient,
non-expensive, and widely used method for the determination of the atmospheric depo-
sition of trace elements. In the present work, 105 moss samples were collected from the
region of Northern Greece (10 from the area of Skouries, known for its mining activities,
and 95 from the remaining part of Northern Greece). They were analyzed using the NAA,
and the concentrations of 34 elements were determined. The elemental concentrations
were further exploited for the determination of the trace elements’ sources through the
application of the positive matrix factorization (PMF) model. It should be noted that this
is the first time that the PMF model has been used in conjunction with the moss biomoni-
toring technique for the identification of trace elements’ sources in Greece. PMF has also
been used for moss elemental concentration source apportionment in a few recent studies
in Europe and Asia, with positive results with respect to source identification [39,40].

As seen in Tables 1 and 2, significant differences in the elemental concentrations in
mosses of the area of Skouries and the rest of Northern Greece are observed. For example,
the mean values of the elements (Fe, Al, Mg, Cl, K, Ca, Sc, Ti, V, Cr, Mn, Co, Ni, As, Br,
Ag, Sb, Cs, Ba, La) are higher in the samples collected from the area of Skouries than the
rest of Northern Greece. This is more pronounced for Mn and Ni, which were found to be
1.5 times higher in Skouries in comparison to the remaining samples, and for Au, which
was 80% higher in Skouries. The above-mentioned elements may be associated with the
extraction of gold and, generally, with the mining activities taking place in the Skouries
area. The main reason for these observed elevated elemental concentrations in the moss
samples of Skouries is the resuspension of the soil dust that is released during the mining
activities. The dust, which contains different trace elements, can be easily transferred by
air, be deposited in the surrounding area, and be absorbed by the biota [46].

Several other studies concerning the levels of trace elements in different matrices
(water, seaweeds, fish, sediments, soil) have been conducted over the last decades in the
area of Skouries. For instance, high concentrations of As, Zn, and Mn (320–4100 μgg−1,
940–4100 μgg−1, and 3840–26,000 μgg−1, respectively) have been measured in sediment
samples collected close to the coastal mining facilities (Ierissos Gulf) [70]. Furthermore,
high concentrations of Cr and Ni have been also measured in surface sediment samples in
the area near the load-out facility of the mining operations in Stratoni Bay, and they were
considered as the result of the weathering action of the rivers that flow into the Gulf [71,72].
Additional studies that have included water samples from Ierissos Gulf and soil samples
from the Stratoni area have shown exceedances of the World Health Organization (WHO)
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limit values and of the global soil mean values, respectively, mainly for the elements As,
Sb, Cr, Ni, Cd, Pb, Mn, and Fe [43,45,73–75].

According to the PMF model results, five sources were identified: soil dust, aged sea
salt, road dust, lignite power plants, and a Mn-rich source. Overall, the results indicate
that the majority of trace elements found in mosses are related with soil dust particles
that have entered the atmosphere through resuspension and transport mechanisms and
are subsequently deposited on mosses. Relatively high contributions (on average 26%)
from a geogenic source were also found in moss samples collected in Norway [39]. It
should be noted that the arid climate of Greece favors the resuspension of the soil and
road dust particles; with the aid of the local winds, the particles can easily travel over even
further distances, influencing the elemental concentrations in mosses [40]. Nevertheless,
anthropogenic sources have been also identified, with the most prevailing source being
road dust from vehicular traffic. Xiao et al. performed a similar study in alpine ecosystems
in China and also identified vehicular traffic as a major source contribution to moss
elemental concentrations (average contribution of 15%) [40]. Sea salt particles were found
to contribute significantly to the elemental concentrations as well; the respective source
chemical profile displayed a low Cl/Na ratio, pointing towards aged sea spray produced
through chemical reactions of fresh sea salt particles with anthropogenic emissions. Cl
depletion in atmospheric aerosol has been observed to occur when urban pollutants, such
as nitric and sulfuric acid, interact with sea salt particles to form sodium salts [53].

Based on the relative source contributions for each sampling site, the soil dust source
and the aged sea salt contributed more than 60% to the majority of the moss samples, while
the vehicular-related dust source was present in almost all samples (Figure 3).

The application of the source apportionment methodology led to the identification of
two areas with significant impact from anthropogenic activities: the area of Ptolemaida
in the region of Western Macedonia (sites x-30–x-42) and the area of Skouries (sites b-
01–b-10). These two areas are both linked with intense anthropogenic activities, whose
impact can be visualized through the high loadings of key anthropogenic elements in
mosses and, correspondingly, high contributions from specific anthropogenic sources, as
discussed below.

In the area of Ptolemaida, where there is a complex of lignite power plants, the
concentrations of Ni, V, Cr, and Co were found in high levels, and these are directly related
with the mining and burning processes of the lignite [37]. The lignite power plant source
was found to contribute significantly to moss samples collected from this area (12% in
comparison to 4%, which was the overall mean contribution for all samples). The second
area, which corresponds to the area of Skouries, is characterized by intense mining activities
and displayed high contributions of the Mn-rich source, the lignite power plant source,
and the road dust source (21%, 30%, and 42% of the measured concentrations, respectively).
The Mn-rich source has been directly associated with the mining activities in the area, while
the high contribution of the road dust source may be indicative of the vehicular traffic
associated with mining (e.g., transport of materials, etc.). The source identified as lignite
power plants may, in this case, be mostly related to the resuspension of local soil dust, as
discussed above. It should be noted that this is the first time that the impact of the mining
activities in the area has been imprinted on moss biomonitors, and it was simultaneously
verified by the source apportionment results. This discrimination of the area of Skouries
according to the PMF results confirms the impact that the mining activities have on the
environment in the most appropriate way, and it verifies the results of previous studies
about the influence of the mining activities on the surrounding area.
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21. Krmar, M.; Radnović, D.; Hansman, J.; Repić, P. Influence of broadleaf forest vegetation on atmospheric deposition of airborne
radionuclides. J. Environ. Radioact. 2017, 177, 32–36. [CrossRef]

22. Harmens, H.; Norris, D.A.; the participants of the Moss Survey. Spatial and Temporal Trends in Heavy Metal Accumulation in Mosses
in Europe (1990–2005); ICP Vegetation Programme Coordination Centre, Centre for Ecology and Hydrology: Bangor, UK, 2008.

23. Harmens, H.; Norris, D.A.; Steinnes, E.; Kubin, E.; Piispanen, J.; Alber, R.; Aleksiayenak, Y.; Blum, O.; Coşkun, M.; Dam, M.; et al.
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