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showed high emission rates with a NO/NO2 ratio of 4:1, suggesting that the NOx titration was the
main reason for the dissociation of O3. At 20:00 JST, even when emissions from vehicles had decreased,
the NO2 concentration in the street was still present in contrast with the concentration above roof level.
The vertical exchange of air pollutants is, therefore, shown to be mainly influenced by the vehicle
emissions and building features.

Figure 9. Airflow patterns at 08:00, 12:00, 16:00, and 20:00 JST, cross-section A-A’ view (Figure 2a).

Figure 10. Spatial distribution of (a) NO, (b) NO2, and (c) O3 concentration at 08:00, 12:00, 16:00, and
20:00 JST, cross-section A-A’ view (Figure 2a).

5. Conclusions

This paper investigated the behavior of reactive pollutants inside a realistic urban street canyon
by coupling a CFD model with a chemical reaction model (CBM-IV). The complexity of the urban
street canyon geometry was represented by the CFD model and the dynamical mechanism involved
in the dispersion of the pollutants were incorporated using mesoscale and radiation models. The
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spatial distribution of the reactive pollutants, in particular, NO, NO2, and O3 were researched over
a 24-h period on 23 August 2010. The dispersion of the contaminants was highly dependent on the
reaction processes, boundary conditions, and emission rates all integrated at the same time within the
urban street canyon. The production of NOx or fading of O3 were especially found in regions with
low wind speed and high turbulence, and NOx titration was noted to be of great importance. The O3

behavior was directly affected by the chemical reactions near the roadside, where fresh NO was being
emitted, and was consequently controlled by the NOx distribution. The grid resolution of WRF-CMAQ
appears to have a strong influence when representing the boundary conditions, and still, because of
their limitations (1 km × 1 km minimum grid size) the particularities that accompany urban areas such
as street, highways, unequal height of buildings, sidewalks cannot be well represented.

Finally, we can conclude that the prevailing wind flow mainly carried the air pollutants in the
windward direction with small vortices recirculating pollutants inside the street canyon. This work is
an intent to find better representations of boundary conditions and to step forward in the incorporation
of radiation models and reactive models with the purpose of simulating urban-like environments,
satisfactorily. Further efforts in this kind of research are necessary to reproduce the realities of the urban
areas and the implications that it may have on the people who are exposed to these concentrations
during the day.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4433/10/9/479/s1,
Figure S1: Boundary conditions for air temperature and wind speed at 08:00, 12:00, 16:00, and 20:00 JST. Figure S2:
Boundary conditions for NO, NO2, and O3 concentrations at 08:00, 12:00, 16:00, and 20:00 JST. Figure S3: Spatial
distributions of mean NOx emission intensity in CMAQ modeling domains from D1 covering East Asia to
D7 covering Osaka Prefecture, and locations of observation sites in Osaka City used for model validations.
Figure S4: Diurnal variations of the CMAQ-simulated and observed NO2/NOx concentration ratio at the
Kokusetsu-Osaka station for monitoring ambient air pollution on 23 August 2010. Figure S5: Diurnal variations
of the CMAQ-simulated, observed and CFD-simulated NO2/NOx concentration ratio at the Umeda-Shinmichi
station for monitoring roadside air pollution on 23 August 2010. Figure S6: Vertical air temperature profiles at
08:00, 12:00, 16:00, and 20:00 JST on National Route 25 for the points (a) P1 located at y = 230 m; (b) P2 located at y
= 350 m; (c) P3 located at y = 390 m. Table S1: WRF and CMAQ configurations.
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Abstract: Agricultural burning is still a common practice around the world. It is associated with
the high emission of air pollutants, including short-term climate change forcing pollutants such as
black carbon and PM2.5. The legal requirements to start any regulatory actions to control them is the
identification of its area of influence. However, this task is challenging from the experimental and
modeling point of view, since it is a short-term event with a moving area source of pollutants. In this
work, we assessed this agricultural burning influence-area using the US Environmental authorities
recommended air dispersion model (AERMOD). We considered different sizes and geometries of
burning areas located on flat terrains, and several crops burning under the worst-case scenario of
meteorological conditions. The influence area was determined as the largest area where the short-term
concentrations of pollutants (1 h or one day) exceed the local air quality standards. We found that
this area is a band around the burning area whose size increases with the burning rate but not with
its size. Finally, we suggested alternatives of public policy to regulate this activity, which is based
on limiting the burning-rate in the way that no existing households remain inside the resulting
influence-area. However, this policy should be understood as a transition towards a policy that
forbids agricultural burning.

Keywords: open burning; biomass burning; sugarcane crops; environmental assessment; air
quality modeling

1. Introduction

Agricultural burning is the controlled incineration of biomass before and after harvesting. It is
a common practice worldwide to harvest and to control and eliminate fungi and pests, reduce the
erosion and maintain the soil quality for future crops at the lowest cost [1]. Despite the technological
progress, currently, ~60% of the harvesting processes worldwide take place manually, which leads to
the biomass burning over large areas of cultivated land (>1 ha per burning event) [2]. This practice has
been widely studied for the case of wildfires, which has several implications on climate, atmospheric
composition and air quality [3]. Presently, around 8600 Tg/year of biomass are burned globally, from
which ~2000 Tg/year are related to agricultural crops [4]. Table 1 lists the main crops of interest for the
environmental authorities. They correspond to those crops carried out extensively where open burning
is a common practice. Now, the agricultural burning is mainly associated with industrial sugarcane
crops, in countries such as Brazil, Colombia, Guatemala, India, Mexico and Costa Rica. During the
harvesting period, biomass burning produces fine and ultrafine particles (particles with aerodynamic
diameter d < 30 μm, and d < 100 nm, respectively) [2,5]. It also contributes to the emissions of carbon
dioxide (CO2), carbon monoxide (CO), methane (CH4), hydrocarbons (HC), nitrogen oxides (NOx),
and other toxic compounds, such as Polycyclic aromatic hydrocarbons (PAHS) and Volatile organic
compounds (VOCs), which are ozone precursors [6]. Agricultural burning could lead to short-term
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(~1-day) episodes of air pollution, due to the capability of the emitted pollutants of being transported
over a large spatial scale [7] and to their contribution to the formation of secondary pollutants such
as ozone [8,9]. As a result, agricultural burning can cause adverse health effects on the people living
nearby the burning areas [10,11].

Table 1. Emission factors and loading factors for different crops [12].

Crops

Emission Factors (E*i,j)
Loading

Factors (Lj)PM PM2.5 CO NO Methane
Non-Methane

Organic Compounds

g/Mg kg/Mg kg/Mg kg/Mg kg/Mg kg/Mg Mg/hectare

Unspecified 11 12.5 58 1.3 2.7 9 4.5
Asparagus 20 - 75 - 10 33 3.4

Barley 11 - 78 - 2.2 7.5 3.8

Corn 7 - 54 - 2 6 9.4

Cotton 4 - 88 - 0.7 2.5 3.8

Grasses 8 - 50 - 2.2 7.5 -

Pineapple 4 - 56 - 1 3 -

Rice 4 12.95 41 - 1.2 4 6.7

Safflower 9 - 72 - 3 10 2.9

Sorghum 9 - 38 - 1 3.5 6.5

Sugarcane 2.3–3.5 - 30–41 - 0.6–2 2–6 8–46

Alfalfa 23 - 53 - 4.2 14 1.8

Bean (red) 22 - 93 - 5.5 18 5.6

Hay (wild) 16 - 70 - 2.5 8.5 2.2

Oats 22 - 68 - 4 13 3.6

Pea 16 - 74 - 4.5 15 5.6

Wheat 11 4.71 64 - 2 6.5 4.3

* PM, particulate matter with aerodynamic diameter d < 30 μm; PM2.5, particulate matter with aerodynamic diameter
d < 2.5 μm.

Prado et al. [13] reported that, during the harvesting period in Mendonça, Brazil, the concentration
of particulate matter registered in the atmosphere of urban areas, near to sugarcane fields, was almost
2.5-times higher than the World Health Organization air quality recommendation for short-term human
exposure (24 h) [14]. Wagner et al. [15] measured ambient particle concentrations and particle type
downwind, upwind and at several distances from agricultural burns in Imperial Valley, California.
They reported significantly high PM10 and PM2.5 concentrations at locations less than 3.2 km from the
nearest burning. Mugica et al. [16] estimated sugarcane-burning emissions in Mexican municipalities,
and reported exceedances on the PM2.5 Mexican emission standards by at least 5.4 times, with
an average of 86 ± 22 μg m−3. Their measurements were used to adjust the parameters of their
Gaussian dispersion model, with which they studied 25 additional burning episodes. They observed
concentrations up to 1000 μg/m3 in urban areas when the wind blew towards those urban areas during
the burning episodes.

Biomass burning is poorly regulated worldwide. Environmental authorities require the
identification of the agricultural burning influence area as a legal requirement to start any regulatory
actions to control this activity [17]. The influence area is defined as the largest area where the
concentration of any pollutant exceeds the local National Atmospheric Air Quality Standards (NAAQS).
The extent of the influence area depends on multiple factors including the size and geometry of the
burning area, the local meteorological conditions and the pollutant considered. The influence area can
be determined experimentally or by using any well-accepted dispersion model.

The experimental determination of the agricultural burning influence area possesses technical
challenges due to the need for a large number of simultaneous measurements required for each variable
affecting the dispersion phenomenon. Carney et al. [18] proposed a methodology to estimate the
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influence area as a cone whose orientation is aligned to the predominant wind direction. Aiming
to advance this work, Hiscox et al. [17] measured the size and dispersion of smoke plumes during
four sugarcane burning events during pre- and post-harvesting periods in Louisiana, USA, using a
scanning, elastic-backscatter LiDAR (Laser Imaging Detection and Ranging). Their results show that
particle concentration exceeded the NAAQS at distances of up to 300 m from the source, and that the
vertical extension of the plume was about 2 km. They also found that wind speed and atmospheric
stability conditions could make the plumes to travel distances greater than 45 km. Based on these
studies, the USEPA developed guidelines that limit the meteorological conditions under which land
cultivators of this region can burn [18]. The conclusions obtained with these experimental works are
valid for the characteristics of the particular region, type of crops and meteorological conditions under
which researchers conducted their experiments. The lack of generality of these conclusions limits the
possibility of using them for an eventual policy to control agricultural burning in other regions.

Alternatively, air dispersion models can be used for estimating the size of the influence area
under varying scenarios of meteorological conditions, crops types and area sizes. We propose the
use of AERMOD for this purpose. It is a steady-state Gaussian dispersion model developed by the
American Meteorological Society and the USEPA (The United States Environmental Protection Agency)
for regulatory purposes. Gaussian dispersion models assume that pollutant concentration, downwind
the source, follows a normal distribution in the horizontal and vertical direction. The main challenges
of using this model for the study of the environmental impact of agricultural burning are:

• AERMOD requires that the burning area be considered as a fixed source of pollutant when, it
actually is a moving area source.

• AERMOD requires input data for the mass emission of pollutants. They are estimated via emission
factors. However, the determination of emission factors for open burning is challenging due to
its diffusive nature. Usually, they are obtained from laboratory and field studies [16,19] and, as
expected, there are large differences in the emission factors reported by researchers [12–20].

The use of AERMOD for the determination of the agricultural burning influence areas has not
been extensively employed. In this work, we systematically used AERMOD to study the dispersion
of the pollutants emitted from short-term agricultural burning events, under varying conditions of
emission rates, meteorological conditions, sizes and geometries of the burning areas. Then, based on
the obtained results of pollutant concentration downwind: (i) we identified the size of the generated
influence area; and (ii) we proposed alternatives of public policy to control this activity.

2. Methodology

The dispersion of the atmospheric pollutants generated by the burning of several agricultural
crops was simulated using AERMOD over a region with general characteristics (flat terrain) and under
multiple meteorological conditions. We observed the size of the influence area generated on each case
for different sizes and geometries of the burning areas. Aiming to facilitate the analysis, we identified
the crop and the pollutant that produced the largest mass emission per unit of cultivated area. Next,
we describe the regions studied, the meteorology considered, the estimation of the emission rates and
the methodology used to determine the influence area.

2.1. Study Region

The most frequent cases of agricultural burning occur in areas located on relatively flat terrains
enclosed by rectangular polygons, in the surroundings of urban centers [21]. As shown below, the
determination of the influence area of agricultural burning occurring in areas delimited by non-regular
polygons can be analyzed as a combination of multiple squared areas. Therefore, as a base case, we
used a burning area of 1 ha. To evaluate the sensitivity of the model to the size of the burning area,
we varied it from 1 m2 to 20 ha and considered different area orientations. The determination of the
influence area generated by agricultural burning in mountainous terrain requires special simulations
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for each region considered. Furthermore, traditional dispersion models present problems to estimate
accurately the concentration of pollutants under those conditions. Therefore, they are out of the scope
of the present work.

A grid of discrete receptors was defined within the computational domain with a resolution of
100 m over an area of 10 km × 10 km, as shown in Figure 1. Although the results do not depend on the
location of the area under consideration, for illustrative purposes, we used the Valle del Cauca region,
located in southwest Colombia, which is one of the most important areas of sugarcane cultivation.
Colombia is the seventh producer of sugarcane worldwide, and where approximately 16,425 ha are
burned per year, and where on average 1.5–2 ha are burned per burning event [19].

  

(a) (b) 

Figure 1. (a) Top; and (b) perspective view of the sugarcane area selected in this work to illustrate the
estimation of the influence area generated by agricultural burning. The red square represents a burning
area of 1 ha.

2.2. Air Dispersion Model

In this work, we used AERMOD to study the dispersion of the pollutants produced inside the
burning area. As stated above, this model is recommended by the USEPA when their results are
planned to be used for regulatory purposes. It is a steady-state model that assumes that pollutants
concentration downwind the area source follows a Gaussian distribution in the vertical and horizontal
direction of the plume, according to Equation (1).

C =
Q
u
· f

σy
√

2π
· g

σz
√

2π
(1)

where C is the pollutant concentration (g/m3); Q is the pollutant emission rate (g/s); u is the horizontal
wind speed along the plume centerline (m/s); H is the height of emission plume centerline above ground
level (m); σz and σy are the vertical and horizontal standard deviation of the emission distribution (m),
respectively; and f and g are the vertical and horizontal dispersion parameters, respectively.

Gaussian models, and specifically AERMOD, do not allow, on the first instance, to model sources
that change their position over time. As an approximation, we assumed that the entire emission source
area burns simultaneously, but at a rate such that the emission rate of pollutants (g/s) remains constant.
In Section 3, we will show that this assumption is acceptable for this study because the size of the
influence area is independent of the size of the burning area being considered.

2.3. Meteorology

High wind speeds contribute to pollutant dispersion but it could also extend the size of the
influence area. Low wind speeds generate high concentration of pollutants near the source. The fact
that dispersion phenomena is highly dependent of the meteorological conditions hampers the process
of generalizing the results obtained. To overcome this difficulty, we studied the dispersion of pollutants

134



Atmosphere 2019, 10, 312

generated by agricultural burning under very diverse meteorological conditions. Datasets with 1–5
years of 1-h meteorological conditions from the USA and Colombia were used, since they represent
scenarios with extreme weather characteristics during the different seasons of the year. Table 2 presents
the list of meteorological data used in this study and Appendix A. shows their respective wind roses.
Only meteorological datasets with 100% of data availability were used in work.

Table 2. Datasets of 1-h meteorological data used to study the dispersion of the pollutants generated
during agricultural burnings.

ID Meteorology Country Year

1 San Diego USA 2009–2014

2 Minnesota USA 2009–2013

3 Texas USA 1990

4 Michigan USA 1990

5 Alaska USA 1990

6 Zavala USA 2008–2012

7 Pico USA 2008–2012

8 Descanso Colombia 2009

9 Cerro largo Colombia 2009

10 Rubiales Colombia 2013

11 Los Angeles USA 2012–2016

2.4. Estimation of the Pollutants’ Mass Emission Rates

The mass emission rate Ei,j (kg/s) of pollutant i emitted by a given crop burning j, was estimated
through Equation (2), where Lj (kg/m2) is the amount of biomass that is typically produced by crop j
per unit of cultivated area, and Sj (m2/s) is the burning rate [22].

Ei, j = E∗i, j Lj Sj (2)

In this equation, E*i,j (kg/kg) is the emission factor and it describes the amount of pollutant i
typically emitted per unit mass of crop j. Multiple studies have been conducted to determine the
emission factors associated with agricultural burning under controlled conditions [1] and by field
measurements [23]. Table 1 shows E*i,j and Lj for several crops. It shows that sugarcane has the largest
loading factor. For this crop, Table 3 presents the emission factors reported by different authors, among
which, large variations are observed. In this study, we adopted the emission factors reported by the
USEPA [22].

The burning rate (Sj in m2/s) depends on multiple factors, including wind speed and crop moisture
content. Given the difficulty of finding values reported in the literature for this variable, a constant
value was assumed as a first approximation. For the case of sugarcane, we consulted companies in the
sugarcane industry, and they reported an approximate value of 1 ha/day. However, it depends on the
length and the number of lines used as starting flame fronts.

2.5. Determination of the Influence Area

For a given set of meteorological conditions (temperature, humidity, solar radiation, wind speed
and direction), AERMOD estimates the pollutant concentration at every receptor located nearby the
burning area. The process is repeated every hour as meteorological data are reported in this format.
Given the short-term nature of agricultural burnings, we focused only on human short-term (24 h)
exposure. Therefore, we set up AERMOD to calculate at every receptor the 24 h average pollutant
concentration and to record only the maximum value obtained after one year of meteorological data
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(or the number of years of meteorological data availability). Finally, we selected all those receptors
where pollutant concentration exceeded its respective threshold value specified in the NAAQS.
The combination of all those receptors made up the influence area of agricultural burning.

The largest influence area is produced by the crop with the largest emission rate of the pollutant
with the highest hazard to human health. According to Table 1 and Equation (2), for the case of
sugarcane, the pollutant with the highest mass emission rate is PM10. Although the PM10 emission
factor for sugarcane is one of the lowest among the different crops listed in Table 1, sugarcane is the
crop with the highest loading factor.

The hazard of a pollutant can be quantified as the inverse of its threshold value specified in the
NAAQS. According to the American Conference of Governmental Industrial Hygienists (ACGIH), the
threshold limit values (TLVs) are the maximum average airborne concentration of a hazardous material
to which healthy adult workers can be exposed during an 8-h workday and 40-h workweek—over
a working lifetime—without experiencing significant adverse health effects. They represent the
opinion of the scientific community that exposure at or below the level of the TLV does not create
an unreasonable risk of disease or injury [3]. Aiming to provide public health protection, including
protecting the health of “sensitive” populations such as asthmatics, children, and the elderly, the
environmental authority specifies those threshold limit values in the NAAQS for short time periods
of exposure (3, 8, or 24 h depending of the pollutant) and for long time periods of exposure (one
year) [14–24]. In this work, we only consider short-term exposition, as agricultural burnings are
short-term events. Table 4 lists the USEPA maximum recommended values for short-term exposition.

Table 3. Sugarcane emission factors reported by several authors expressed as kg of pollutant emitted
per Mg of sugarcane biomass burned. Highlighted boxes indicate the values used in this work.

Author,
Year

Emission Factor Per Pollutant

BC *
TSP

kg/Mg
PM10

kg/Mg
PM2.5

kg/Mg
CO2 g/kg CO kg/Mg

NO
kg/Mg

[22], 2011 - - 2.3−2.5 - - 30−41 -
[25], 2006 - - - - 92 - -
[26], 1996 - 4.31−4.64 4.51 4.19 - 55.83 3.18
[27], 2012 - - - 2.6 ± 1.6 1303 ± 218 65 ± 14 1.5 ± 0.4
[28], 2012 0.71 ± 0.22 - - 2.49 ± 0.66 1255 ± 287 9.2 ± 3.3 -

[29], 2017 0.158 - - - 1791.94 ±
145.08

68.43 ±
16.23 1.63 ± 0.23

[30], 2018 - 3.27 ± 0.81 1.81 ± 0.14 1.19 ± 0.08 1618 ± 108 25.7 ± 2.04 -

* BC, Black carbon; -, no available data; Reference [22] corresponds to the USEPA recommended emission factors.

Table 4. Colombian NAAQS [31], emission rates for a burning rate of 1 ha/day, and risk indexes
calculated for the case of the agricultural burning of sugarcane crops (j = sugarcane).

Pollutant
Colombian NAAQS Emission

Rate (g/s)
Ii,j (m3/s)

Threshold
Values (μg/m3)

Short Term
Exposure (h)

TSP 300 24 2.47 8.2
PM10 100 24 1.33 13.3
PM2.5 50 24 2.23 44.6

CO 5000 8 21.83 0.4
NO2 200 1 2.02 10.1

Aiming to identify the scenario that produces the largest agricultural burning influence area, we
defined the risk index (Ii,j) for pollutant i generated from crop j, according to Equation (3). In this
equation, AQi is the NAAQS threshold value for pollutant i. The crop and pollutant with maximum
value for Ii,j defines the largest area of influence. Table 4 shows the Ii,j* obtained for the case of
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sugarcane crops (j* = sugarcane). It shows that PM2.5 has the largest Ii,j* and therefore it is the pollutant
that defines the influence area for the burning of sugarcane crops.

Ii, j =
Ei, j

AQi
(3)

3. Results

We studied the effect of the meteorology, emissions rate and size of the burning area. For illustrative
purposes, we report results for the case of sugarcane burning. However, these results are valid for
any crop.

3.1. The Effect of Meteorological Conditions on Pollutant Concentration

As a first step, we studied the effects of meteorology on the dispersion of pollutants. Arbitrarily,
we kept the PM2.5 emission rate constant at 1 g/s over a burning area of 1 ha. As expected, meteorology
significantly affects PM2.5 concentration at ground level. Figure 2 presents the daily maximum
concentration obtained at any receptor over an extension of 10 km × 10 km, after considering the
datasets of 1-h meteorological data listed in Table 2. This figure indicates that the meteorological
data No. 2 (Minnesota) induced the highest level of pollutant concentration. This meteorology has
an average temperature of 4.5 ◦C and wind speed of 2.7 m/s with no preferential wind direction.
Besides low average wind speed, we could not identify a special characteristic of this meteorology that
makes it the worst-case scenario. From now on, we only consider this meteorology as it constitutes the
scenario that produces the highest concentrations.

Figure 2. Maximum average daily PM2.5 concentrations produced at any receptor over an extension
of 10 km × 10 km by the burning of sugarcane biomass on a squared 1 ha area, after considering
the datasets of 1-h meteorological data listed in Table 2. The arrow identifies meteorology No. 2
(Minnesota), which produced the highest PM2.5 concentrations.

3.2. The Effect of Emission Rate on Pollutant Concentration

AERMOD has a linear response to changes in emissions. Aiming to confirm this expected behavior,
a base emission of 1 g/s was used. This emission was multiplied by 0.1 and 10. We set these values as
the new emissions rates and observed PM2.5 concentrations nearby the emission source as predicted by
AERMOD. Figure 3 compares PM2.5 concentration obtained at every receptor in the base case scenario
against the corresponding concentrations obtained with different emission rates. This comparison
was performed in terms of normalized concentration, i.e., concentration divided by the emission
rate. Figure 3 shows that all data points fall within the 45-degree line, regardless of the emission rate,
confirming that, according to AERMOD, PM2.5 concentration, at ground level, nearby the emission
source is proportional to the emission rate.
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E

Figure 3. Comparison of the normalized PM2.5 concentration at ground level obtained by AERMOD
when the emission rate is 0.1 and 10 g/s against the normalized concentration when the emission
rate is 1 g/s. Normalized concentration is obtained when the resulting concentration is divided by
the emission rate in the source. Results were obtained for a burning area of 1 ha and the Minnesota
meteorology dataset.

3.3. Determination of the Influence Area

As explained above, due to the short-term nature of the agricultural burning events, and because
those events could happen at any time of the year, the determination of the influence area requires:

• The AERMOD determination of daily maximum concentrations, obtained at each receptor over
the computational domain along the simulation time (1–5 years of 1 h meteorological data).
The simulation should be carried out for the case of the riskiest pollutant at the emission rate
calculated for that pollutant and crop of interest, in this case, PM2.5 and sugarcane, respectively.

• A comparison of the obtained results against the threshold value specified in the NAAQS for
short-term exposure to the riskiest pollutant, in this case, 50 μg/m3 for 24 h of human exposure
to PM2.5.

Figure 4 shows the maximum daily PM2.5 concentration obtained at each receptor located over a
10 km × 10 km region that surrounds a squared burning area of 1 ha with an hypothetical emission rate
of E = 18.6 g/s. It shows that, due to the random wind direction, the influence area does not exhibit any
regular shape. Therefore, for the case of agricultural burning, we redefined the influence area as the
circle whose radio includes all areas where pollutant concentrations exceed the air quality standards
defined by local environmental authorities.

Afterwards, we ran a set of cases changing the size of the area source from 1 m2 to 20 ha and
observed their resulting influence areas. As farmers partially control the burning rate by controlling
the length and number of lines of starting fire fronts, we considered two alternatives:

• Farmers burn simultaneously the entire area, keeping the number of starting fire fronts per unit
area constant. This alternative implies that, regarding of the burning area size, the burning event
will be completed within the same period of time of the base case scenario (1 ha). It implies that
the burning rate and the emission rate of pollutants per unit area remain constant. However, the
total emission rate increases, with respect to the base case scenario, proportionally to the size of
the area under consideration.

• Farmers burn sequentially one-unit area after another, increasing the duration of the burning event
proportionally to the area size. This alternative implies that the total emission rate remains constant.
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(a) 

 
(b) 

Figure 4. PM2.5 ground concentration over a 10 km × 10 km region as result of the sugarcane burning
on a square area of 1 ha at a burning rate of 18.6 g/s: (a) 3D representation of PM2.5 concentration; and
(b) 2D representation of PM2.5 concentration. The lines in (b) represent circumferences centered in the
emission source that limit the obtained influence area when the threshold value is 50 μg/m3 (yellow),
100 μg/m3 (blue) and 300 μg/m3 (red).

In real practice, farmers burn with a combination of both alternatives and therefore we considered
this third alternative in our simulations. In all cases, we reported the size of the resulting influence
area as the radii of the resulting influence area minus the edge-size of the burning area.

We determined the size of the influence area generated by an area source of 1 ha, varying the
emission rate. The obtained results are plotted in Figure 5a. It shows that the size of the influence area
increases with the emission rate, following a logarithm profile. This profile crosses the area size axis at
an emission rate of about 2 g/s. This means that farmers can burn at a rate smaller than this critical
rate generating a negligible influence area. For the case of sugarcane, this value means a maximum
burning rate of 1.5 ha/day.

When the emission rate remains constant, the size of the influence area remains constant regardless
of the size of the burning area (Figure 5b). The burning of 1 m2 at a given emission rate produces the
same size of influence area as the burning of 1 ha at the same emission rate. The difference is that,
under these circumstances, it takes 104 times longer to complete the burning task of 1 ha than of 1 m2.
This result implies that the size of the influence area is determined by the burnings near the edge
of the area source. Aiming to observe the variation of these results with the orientation of the area
source, we varied it from 0–170 degrees. The results are presented in Figure 5c. For the case of an area
source of 1 ha, with an emission rate of 18.6 g/s, under all orientations that we ran, the influence area
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was ~2000 m considering PM2.5 as the limiting pollutant. The influence area for PM10 and TSP (Total
Suspended Particles) were ~1500 and 500 m, respectively.

 

(a) (b) 

 

(c) 

Figure 5. Size of the influence area generated by agricultural burning as function of: (a) emission rate
considering different burning area sizes; (b) burning area keeping emission rate constant at 18.6 g/s;
and (c) burning area orientation respect to north, keeping constant the emission rate at 18.6 g/s and the
burning area at 1 ha.

Finally, we considered burning areas with shapes different from a square. The area of any irregular
polygon can be constructed as the combination of multiple squares of different sizes. Using the
principle of superposition, the influence area produced by the area source of irregular shape is the
union of the influence areas generated by each independent squared area. Therefore, the influence area
generated by the burning of crops cultivated on areas of any shape is the area band that surrounds the
burning area. These results are independent of the type of crop or biomass being burned.

3.4. Recommendations for Policy Makers

In the light of this work, we suggest that policy makers interested in controlling the activity of
agricultural burning and/or any open atmosphere biomass burning should be aware of:

• Open atmosphere biomass burning produces short- and long-term negative impacts on human
health and the environment. Therefore, this practice should be controlled and eliminated as soon
as possible. However, this activity is associated with important economic and social aspects that
need to be considered. Therefore, environmental authorities, companies and the people that could
be affected, should design in collaboration an action plan with a sustainable approach that ends
with the elimination of this activity.

• Despite the efforts made by the scientific community to develop tools to assess accurately the
impact of open biomass burning, several unresolved aspects and uncertainties remain related to:
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(i) the amount of biomass burned per crop; (ii) the emission factors for the relevant pollutants
per crop; (iii) the understanding and modeling of the pollutant dispersion phenomena; and
(iv) secondary effects such as changes in atmospheric dynamics and alterations in the cloud
formation processes.

• We used AERMOD to model the dispersion of the pollutants produced during agricultural burning
events. This model is recommended by the USEPA for this type of applications. It means that, even
though there could exist more accurate models for modeling agricultural burnings, AERMOD
is the model that should be used for regulatory purposes, as it is well accepted by the scientific
community and environmental authorities.

• Aiming to design public policies to control agricultural burning, the purpose of modeling the
dispersion of the pollutants generated by this activity is to assess the environmental impact caused
by the agricultural burning of any crop under a worst case but real scenario, considering all the
possible pollutants that could be generated. In this regard, it is out of the scope of the present work
to reproduce any measurements of pollutant concentration obtained nearby agricultural burning.

Based on the results obtained in this work, we propose that the environmental authorities:

• Limit any agricultural burning or any open atmosphere biomass burning to emissions rates
smaller than 2.0 g/s calculated using Equation (2) and data in Table 1, for all pollutants regulated
in the NAAQS. According to Figure 5a, this emission rate produces an influence area of negligible
size. For the case of sugarcane, this counter-measure limits the burning rate to ~1,5 ha/day, which
could be inappropriate for the current operation of the sugarcane industry.

• Determine the distance from the cultivated area to the location of the nearest household and use
that distance as the size of an acceptable influence area. Then, use Figure 5a to determine the
maximum allowable emission rate, which is directly related to the number of hectares that can be
burned per day.

• The implementation of a burning management program that involves previous alternatives.
This program divides the cultivated area in subareas, each of them with different distances to
the nearest household. For each subarea, Figure 5a limits the maximum burning rate. Then, the
burning management program establish the sequence that each area could be burned at the given
burning rates. No two areas can be burned simultaneously.

4. Conclusions

Aiming to design public policies to control agricultural burning, we assessed the environmental
impact generated by this activity. We used AERMOD to determine the concentration of the pollutants
generated by this activity on the areas nearby the burning area (cultivated crop). We considered a wide
range of meteorological conditions, burning rates, geometries, and sizes of burning areas.

The area influenced by a given agricultural burning is the largest area where the concentration of
any of the pollutant under consideration exceeds its maximum threshold values established in the
local atmospheric air quality standards (NAAQS). Results show that this area is a band around the
cultivated area whose size increase with the emission rate of the riskiest pollutant (Figure 5a), but it
does not depend on size of the burning area. The risk of a pollutant was quantified as the ratio of their
emission rate to its threshold value established in the NAAQS.

The emission rate is proportional to the burning rate. As farmers control burning rate by controlling
the length and number of starting flame fronts, we proposed the elaboration of a public policy to
limit the burning rate in the way that no households are located within the resulting influence area.
This proposal should be taken as a transitional stage towards a policy of no agricultural burnings in
consideration of their adverse effects on the environment.
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Appendix A Wind Roses Obtained for Each Set of Meteorological Data Used in This Study

Name Year Country
Wind Rose

Diagram
Name Year Country

Wind Rose

Diagram

San Diego 2009 USA Zavala 2008–2012 USA

Minnesota 2008–2012 USA Pico 2008–2012 USA

Texas 1990 Descanso 2009 Colombia

Michigan 2008–2012 USA Cerro largo 2009 Colombia

Alaska 1990 USA Rubiales 2013 Colombia

Los Angeles 2012-2016 USA
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Abstract: This study investigated the sensitivity of nitrate aerosols to vehicular emissions in urban
streets using a coupled computational fluid dynamics (CFD)–chemistry model. Nitrate concentrations
were highest at the street surface level following NH3 emissions from vehicles, indicating
that ammonium nitrate formation occurs under NH3-limited conditions in street canyons.
Sensitivity simulations revealed that the nitrate concentration has no clear relationship with the
NOx emission rate, showing nitrate changes of only 2% across among 16 time differences in NOx

emissions. NOx emissions show a conflicting effect on nitrate production via decreasing O3 and
increasing NO2 concentrations under a volatile organic compound (VOC)-limited regime for O3

production. The sensitivity simulations also show that nitrate aerosol is proportional to vehicular
VOC and NH3 emissions in the street canyon. Changes of VOC emissions affect the nitrate aerosol and
HNO3 concentrations through changes in the O3 concentration under a VOC-limited regime for O3

production. Nitrate aerosol concentration is influenced by vehicular NH3 emissions, which produce
ammonium nitrate effectively under an NH3-limited regime for nitrate production. This research
suggests that, when vehicular emissions are dominant in winter, the control of vehicular VOC and
NH3 emissions might be a more effective way to degrade PM2.5 problems than the control of NOx.

Keywords: Urban pollution; Street canyon; Nitrate aerosol; CFD; Air quality

1. Introduction

Nitrate aerosol is a fine particulate matter (PM2.5) component produced from the reaction of
gas-phase nitrate (nitric acid; HNO3) and ammonia (NH3). During a haze event, nitrate aerosol often
contributes to the total observed particle mass by as much or more than the organic fraction across East
Asia [1–4]. As severe haze events have increased across East Asia [5], nitrate contributions to PM2.5

mass have also increased in polluted urban areas [1,6].
The production of nitrate aerosol in urban areas is affected by vehicular emissions such as nitrogen

oxides (NOx = NO + NO2) and NH3 [7–9]. These vehicular emissions are highly concentrated and
are transported by turbulence from the complex geometry of buildings, causing steep gradients
of pollutant concentrations [10–13]. Nitrate aerosol chemistry is highly nonlinear and follows the
concentrations of precursor gases and humidity, so the formation and distribution of nitrate aerosol
are not spatially uniform [14,15]. Most modeling studies on nitrate aerosols are based on regional or
global air-quality models that have clear limitations due to their coarse resolution [16–18]. Therefore,
to accurately investigate nitrate formation in urban areas, fine-scale simulations that can conserve
highly concentrated emission plumes and turbulence are necessary.

Meanwhile, policies regarding vehicular nitrate control focus on reduction of NOx (e.g.,
through banning diesel vehicles) [19,20], based on studies of regional or global air-quality modeling.
However, studies from observation campaigns have often reported that other vehicle emissions are
much more important than NOx emissions for nitrate production in urban areas [21–23]. Link et al.
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investigated the secondary formation of ammonium nitrate from vehicle exhaust using sampling
and laboratory experiments in the Seoul Metropolitan Region (SMR) [21]. They found that the
secondary production of ammonium nitrate from diesel exhausts is much lower than that from
gasoline. They concluded that the NH3 source from gasoline vehicles could be more important than
NOx emissions, indicating that SMR is an NH3-limited environment. Wen et al. studied nitrate
formation during a severe PM2.5 pollution period and reported that high NH3 concentrations in the
early mornings significantly accelerated the formation of fine particulate nitrate [23]. In addition,
they found that the increased rate of nitrate aerosol had a strong positive correlation with ozone (O3)
concentrations at night, indicating the essential role of oxidants in nitrate formation. Studies also
reported that volatile organic compound (VOC) concentrations control nitrate formation by affecting
the O3 levels [22,24]. These studies indicate that nitrate aerosols are affected by a complex chemical
condition that involves NOx, NH3, and oxidants, whereas policy tends to focus exclusively on NOx

control. Thus, understanding the favorable conditions for nitrate formation in urban areas is crucial
for the design of air-quality policies.

Thus, this study investigates the distribution of nitrate aerosols and the favorable conditions
for nitration formation in urban streets using a microscale coupled computational fluid dynamics
(CFD)–chemistry model that can reproduce the turbulence from complex building geometries.
Sensitivity simulations were conducted to examine the sensitivity of emissions to nitrate production by
changing the emissions of precursor gases for nitrate aerosols and oxidants. The sensitivity simulation
results reveal what significant factors lead to nitrate aerosol problems in urban streets.

2. Model Description and Simulation Set-Up

2.1. Model Description

A coupled CFD–chemistry model was used based on that proposed by Kim et al. [25]. The CFD
model is based on the Reynolds-averaged Navier–Stokes equation (RANS) model and assumes
a three-dimensional (3-D), nonrotating, nonhydrostatic, and incompressible airflow system [26].
This model was previously used to examine the flow and dispersion of both reactive gas pollutants [25,27]
and reactive aerosol pollutants [25,28].

The model’s chemical mechanism includes a full tropospheric NOx–Ox–VOC chemistry scheme
from a global 3-D chemical transport model (GEOS-Chem V11-1) [29]. GEOS-Chem was initially
developed to solve global air chemistry issues; however, application of the GEOS-Chem model has now
been extended to the regional scale. The GEOS-Chem model can successfully explain urban air quality,
including cases of severe haze over East Asia [1,30,31]. The chemical scheme includes 140 species and
393 reactions, among which 61 reactions are photochemical. Among the 140 species simulated in the
chemistry module, the CFD model transports 65 chemical tracers. Radical species with very short
chemical lifetimes are not transported. Photolysis rate coefficients are calculated using the Fast-JX
radiative transfer model [32,33].

The model also calculates aerosols that include sulfate, nitrate, ammonium, black carbon, and
organic carbon [34,35]. Sulfate formation generally occurs via two pathways: the gas-phase oxidation
of SO2 by OH and the aqueous-phase oxidation of SO2 by ozone and hydrogen peroxide. The CFD
model only accounts for the gas-phase oxidation of SO2 by OH because it lacks an atmospheric physics
module that simulates hydrometeors such as clouds and rain.

Nitrate and ammonium aerosol were calculated by partitioning the total NH3 and HNO3 between
the gas and aerosol phases. We used the ISORROPIA-II model as a thermodynamic equilibrium model
for aerosol partitioning [36,37] and employed it to calculate the thermodynamic equilibrium of a
K+–Ca2+–Mg2+–NH4

+–Na+–SO4
2−–NO3

−–Cl−–H2O aerosol system based on the NH3, HNO3, and
SO4

2− concentrations.
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The model also includes the production of HNO3 via heterogeneous chemistry between
aerosols and gases following Jacob (2000) [38]. The reactions that contribute to HNO3 production by
heterogeneous chemistry can be written as:

2 NO2 → HNO3 + HONO (R1)

NO3 → HNO3 (R2)

N2O5 → 2 HNO3. (R3)

The uptake coefficients, γ, of R2 and R3 were 10−4 and 0.1, respectively, following Jacob (2000) [38].
For R4, γwas set to 0.01 as suggested by Zhang et al. (2012) and Walker et al. (2012) [39,40]. N2O5 is
essential for night-time nitrate aerosol chemistry; the production and loss reactions of N2O5 can be
written as:

NO2 + NO3 +M→ N2O5 +M (R4)

N2O5 +M→ NO2 + NO3 +M (R5)

N2O5 + hν→ NO3 + NO2. (R6)

The simulation of carbonaceous aerosols follows the GEOS-Chem model [35]. The primary
carbonaceous aerosol follows the passive tracer without any chemical reactions. However, the model
resolves primary Black Carbon (BC) and Organic carbon (OC) with a hydrophobic and a hydrophilic
fraction for each (i.e., making four aerosol types) for deposition processes. All sources emit hydrophobic
aerosols that then become hydrophilic with an e-folding time of 1.2 days, as per Cooke et al. (1999) [41].
Although secondary organic aerosol (SOA) chemistry is not considered in the model, we treat
boundary inflow and the transport of SOAs. However, the model does not account for either dust or
sea-salt aerosol.

The dry deposition of gases and aerosols was simulated with a standard big-leaf resistance-in-series
model [42]. The model accounts for the dry deposition of 46 species, including aerosols. The CFD
model has no atmospheric physics module that simulates hydrometeors (e.g., clouds and rain); thus,
wet deposition was not calculated, following Kim et al. (2012) [25].

2.2. Simulation Set-Up

We assumed a street canyon selected for a simulation located in SMR, one of the most polluted
cities, to investigate nitrate formation in urban streets. The domain size was 120 × 80 × 100 m in the x,
y, and z directions, respectively. The grid intervals in all directions were 2 m, and the building height
was 20 m with unified aspect ratios for all street canyons. Figure 1 shows the detailed structure of the
simulation domain.

First, we set a control run (CNTL hereafter) with standard emissions. We estimated the pollutant
emissions from average traffic volume in 2017 obtained from the Traffic Monitoring System (http:
//www.road.re.kr), which provides traffic statistics in SMR. On that basis, the daily traffic volume
for each street was assumed to be 15,130 vehicles day−1. The monthly averaged diurnal variation
in traffic volume was also obtained from the Traffic Monitoring System. Vehicular emissions were
computed using the emission factor from the Clean Air Policy Support System (CAPPS) emission
inventory [43] and calculated by multiplying the mean ratios of vehicle sizes in Korea. The emission
factors following vehicle size and the ratios of vehicle size are summarized in Tables 1 and 2, respectively.
The calculated averaged emissions per vehicle were 0.10 g km−1, 0.15 g km−1, 0.015 g km−1, and
0.011 g km−1 for NOx, CO, VOC, and NH3, respectively. NOx emissions were separated into NO and
NO2 emissions at a 10:1 ratio by volume [44]. Total VOC emissions were further speciated using the
method developed by EMEP/EEA (2016) [45]. Table 3 lists the emission rate and ratios of speciated
VOC in the CNTL simulation. All vehicular emissions were emitted at z = 1 m from 4 m wide area
sources located at the center of the streets. Other emissions in the model domain were not considered
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in the simulation. Previous studies have reported that the largest proportion of emissions in SMR is
vehicular emissions [43,46,47].

Figure 1. Schematic diagram of the coupled computational fluid dynamics (CFD)–chemistry simulation
domain for the control run (CNTL) simulation.

Table 1. Emission estimates from vehicles used in the coupled CFD–chemistry model simulations for
the CNTL simulation. The text discusses details about the species emission estimates.

[g km−1] CO NOx VOC NH3

PC (diesel) 0.010 0.041 0.006 0.002

PC (gasoline) 0.085 0.004 0.002 0.023

PC (gas) 0.104 0.002 0.001 0.001

LDV (diesel) 0.087 0.063 0.009 0.002

LDV (gas) 0.163 0.026 0.002 0.002

HDV (diesel) 0.543 0.959 0.104 0.002

HDV (gas) 0.457 0.045 0.009 0.003

Bus (diesel) 1.850 0.613 0.150 0.002

Bus (gas) 1.736 0.346 0.191 0.000

Table 2. Ratios of vehicles following size and fuel type used in the CNTL simulation obtained from the
Traffic Monitoring System.

[%] Passenger Cars Light-Duty Vehicles Heavy-Duty Vehicles Bus

Diesel 20.6 17.6 7.3 2.2

Gasoline 43.3 - - -

Gas 8.3 0.9 0.3 0.4

Total 72.2 18.5 7.6 2.6

For meteorological conditions, we used values for the SMR in winter that provided favorable
conditions for nitrate formation [48]. To simulate diurnal changes in buoyancy and their effects on
transport and chemical reaction rates in the model, we used the hourly temperature and relative
humidity obtained from the Seoul station of the Korea Meteorological Administration (http://web.
kma.go.kr/eng/). Table 4 shows the hourly temperature and relative humidity used in this study.
The wind speed on the rooftop was assumed to be the observed seasonal mean value for SMR, which is
2.4 m s−1. The wind direction is westerly (most frequently observed in winter) and is perpendicular to
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the street canyon [49]. The ambient wind speed and direction were fixed during a one-day simulation.
The following vertical profiles of the wind, turbulent kinetic energy (TKE), and TKE dissipation rate
were imposed:

U(z) =
u∗ cosθ
κ

ln
(

z
z0

)
(1)

V(z) =
u∗ sinθ
κ

ln
(

z
z0

)
(2)

W(z) = 0 (3)

k(z) =
u2∗

C1/2
μ

(
1− z
δ

)2
(4)

ε(z) =
C3/4
μ k3/2

κz
(5)

Here, u∗, z0, and κ represent the friction velocity, roughness length (=0.05 m), and von Karman
constant (=0.4), respectively; Cμ is an empirical constant (=0.0845), and θ is the wind direction.
The surface and top boundary pressures in the model were assumed to be 1013.15 hPa and
993.72 hPa, respectively.

Table 3. Emission rates per vehicle and ratios of speciated volatile organic compound (VOC) following
the method developed by EMEP/EEA (2016).

Tracer Name Formula Emission Rate [mg km−1] Ratio [%]

ALK4 ≥C4 alkanes 3.60 24.0

ISOP CH2 = C(CH3)CH = CH2 - -

ACET CH3C(O)CH3 0.44 2.9

MEK RC(O)R 0.18 1.2

ALD2 CH3CHO 0.98 6.5

RCHO CH3CH2CHO 1.89 12.6

MVK CH2 = CHC(=O)CH3 - -

MACR CH2 = C(CH3)CHO - -

PRPE ≥C3 alkenes 2.58 17.2

C3H8 C3H8 0.02 0.1

CH2O HCHO 1.80 12.0

C2H6 C2H6 0.05 0.3

Unspeciated - - 23.2

Table 4. Diurnal variations of the observed hourly surface temperature and relative humidity used in
this model.

Hour 01 02 03 04 05 06 07 08 09 10 11 12

Temperature [K] −3.1 −3.4 −3.6 −4.0 −4.4 −4.6 −4.8 −5.1 −4.5 −2.7 −0.8 0.6

Relative Humidity [%] 37.7 38.3 37.8 36.8 37.4 36.9 37.5 37.6 32.2 26.4 21.3 17.9

Hour 13 14 15 16 17 18 19 20 21 22 23 24

Temperature [K] 1.4 2.2 2.7 2.6 1.6 0.3 −0.5 −1.2 −1.7 −2.1 −2.4 −2.8

Relative Humidity [%] 16.5 14.4 13.7 14.0 18.0 21.6 26.0 30.2 32.6 34.5 34.7 35.8
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For the rooftop boundary conditions of the species, we used a reanalysis dataset from the
Monitoring Atmospheric Composition and Climate (MACC) project in SMR with 6 h diurnal
variations [50]. In addition, we used the boundary conditions of the species from the GEOS-Chem
simulation with 6 h diurnal variations at SMR in winter for the species that were not provided in the
MACC reanalysis dataset [51]. The initial conditions of the species were assumed as the concentrations
of the boundary conditions in the first step. We conducted 48 h model simulations for each case:
the first 24 h for the model spin-up, and the results from the last 24 h were used. The chemical and
dynamical time steps were 1 min and 1 s, respectively.

Sensitivity simulations were conducted to examine the effect of emissions on nitrate aerosols in
urban streets. Twelve sensitivity simulations were set by changing the vehicular emissions of NOx,
VOC, and NH3. Each simulation was conducted with different emissions by multiplying the original
emission by 0.25, 0.5, 2.0, and 4.0 for each species. We named the sensitivity simulations “species name”
× “multiplying factor.” For example, simulations named NOx × 0.25, NOx × 0.5, NOx × 2, and NOx × 4
indicate multiplying the vehicular NOx by 0.25, 0.5, 2.0, and 4.0, respectively, while other emissions
were fixed.

2.3. Model Validation

The coupled CFD–chemistry model in this study was thoroughly validated for the flow and
dispersion of passive tracers in street canyons by comparing the results from this model with those
from a wind tunnel, an idealized numerical study, and fluid experiments [25,27,52]. Park et al. (2015)
found good agreements when comparing the model with wind tunnel data and experimental data by
implementing improved wall functions for the momentum and thermodynamic energy equations in
the CFD model to more accurately represent the effects of solid–wall boundaries [27].

The coupled CFD model also evaluated the dispersion of reactive pollutants compared with
idealized simulations and field campaigns [25]. Kim et al. (2012) applied the coupled CFD–chemistry
model to simulations using the same building configuration as in Baker et al. (2004) [25,53]. Their results
showed that the concentrations of NOx and O3 have a pattern and magnitude consistent with the
simulated concentrations by Baker et al. (2004) under steady-state O3–NO–NO2 photochemistry.
Kim et al. (2012) reproduced reactive pollutants on Dongfeng Middle Street, Guangzhou, China, using
a full tropospheric NOx–Ox–VOC chemistry scheme and compared the results to a field campaign by
Xie et al. (2003) [13]. The coupled model, with the full photochemical mechanism, also successfully
captured the time variation in the observed CO concentrations for both upwind and downwind
sites in the Dongfeng Street canyon. However, the coupled model overestimated NOx concentrations
compared to observations by Xie et al. (2003) due to estimating excessive NO emissions from traffic
volume, implying the necessity of utilizing an accurate emissions inventory [13].

The coupled CFD model has also been used to evaluate the dispersion of reactive aerosol in
street canyons [28]. Kim et al. (2019) evaluated the composition of PM1 in summer and winter in a
street canyon by comparison with the field campaign in Elche, Spain, by Yubero et al. (2015) [28,54].
The model generally captured seasonal variations of PM1 in the street canyon. We evaluated the seasonal
variation in nitrate concentration by comparing our model results to those of Yubero et al. (2015) [54].
Four simulations were conducted to represent the four seasons (spring, summer, autumn, and winter)
in Elche, Spain. The street was approximately 7 m wide and surrounded by buildings that were
approximately 25 m in height. The domain size was 20 m × 40 m × 50 m, and the number of grid points
was 42 × 82 × 52. The meteorological conditions used were the observed seasonal mean values during
the campaign periods. Pollutant emissions were estimated from traffic volume obtained from the Elche
Traffic Office [54]. Vehicular emissions were computed using Spain’s emission rates in EMEP/EEA
(2016). The detailed model configuration generally followed that of Kim et al. (2019) [28].

Figure 2 shows the observed and simulated nitrate concentrations by season. The observed nitrate
concentrations were highest in winter and lowest in summer due to the thermal evaporation of nitrate
aerosols, showing 1.3 and 0.3 μg m−3, respectively. The observed nitrate concentrations in spring

150



Atmosphere 2019, 10, 212

and autumn were 0.4 and 0.5 μg m−3, respectively, falling between those in winter and summer and
indicating the dominant effect of temperature on nitrate aerosol. The simulated nitrate concentrations
were 1.0, 0.8, 1.0, and 1.4 μg m−3 in spring, summer, autumn, and winter, respectively, showing clear
seasonal variation. The simulated concentrations reproduce the observed seasonal variation in nitrate
concentration. However, the simulated nitrate concentration in summer was twice that of the observed
magnitude, indicating the weaker thermal evaporation of ammonium nitrate predicted by the model.
The model captured the magnitude of the observed nitrate in winter located within the standard
deviation of the observed nitrate concentration. These results indicate that the model successfully
calculated the nitrate aerosol in cold environments.

Figure 2. Comparisons of nitrate concentrations in the spring, summer, autumn, and winter cases
between this work and the previous results of Yubero et al. (2015) (see Figure 1 in Yubero et al.).
The values are averaged for the analysis period at the sample station. The black solid line is the observed
concentrations and the red dashed line is the simulated concentrations. The error bars indicate the
standard deviations of the observed nitrate aerosol in each season.

3. Results

Before investigating the production and sensitivity of nitrate aerosol, we checked the precursor
gases of nitrate aerosol and oxidant concentrations that affect nitrate aerosol chemistry. Figure 3a
indicates the meridionally averaged NOx concentration in the domain. The NOx concentration is
highest at the street surface level, indicating that vehicular NOx emission is trapped by the canyon
vortex in the street canyon. The NOx concentration reached 100 ppbv, ten times higher that outside the
canyon, showing a steep gradient of NOx concentration in the street canyon. Note that concentrations
in the three street canyons have slightly different values and dispersion patterns owing to different
vortex patterns under non-infinite consecutive 3-D street canyons following the dispersion rates of
TKE [26]. Figure 3b shows the spatial distribution of O3 concentration. The O3 concentration was lowest
at the surface, showing a negative correlation with the NOx concentration. The O3 concentrations
outside and inside the street canyon were 38 and 11 ppbv, respectively, suggesting NOx titration in
the street canyon. This distribution of O3 and NOx fits the general dispersion pattern in the street
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canyon reported in previous studies [25,27]. Figure 3c displays the HNO3 concentration, which reached
3.8 ppbv in the street canyon. The HNO3 concentration in the street canyon was higher than that
outside the street canyon, indicating the oxidation of HNO3 from vehicular NOx. However, the HNO3

concentration at the surface was the lowest, even though the NOx concentration was highest at the
surface. The low level of HNO3 at the surface was caused by low O3 concentrations at the surface
under VOC-limited conditions, suppressing the production of OH and HNO3. Figure 3d displays the
NH3 concentrations; the daily averaged NH3 concentration reached 2.3 ppbv, with the highest value at
the surface. The dispersion pattern of NH3 was similar to that of NOx, indicating the high impact of
vehicular emissions.

Figure 3. Distributions of the daily average concentrations of (a) NOx, (b) HNO3, (c) O3, and (d) NH3

(ppbv) in the CNTL simulation.
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Figure 4a shows the nitrate concentrations in the street canyon, which are higher than those
outside the canyon, showing values of up to 11.4 μg m−3. The high concentration of nitrate aerosol is
due to the high HNO3 concentration from vehicular NOx in the street canyon. However, the spatial
pattern of nitrate aerosol in the street canyon differs from that of HNO3, because NH3 is a precursor
gas of ammonium nitrate. The nitrate aerosol was highest at the surface following vehicular NH3.
These high correlations between NH3 and nitrate aerosol indicate that ammonium nitrate forms under
NH3-limited conditions in the street canyon. Figure 4b shows the ammonium concentration in the
street canyon; the spatial distribution of ammonium aerosol is similar to that of nitrate, implying
that most ammonium aerosols combine with nitrate aerosols in winter. The maximum concentration
of ammonium aerosol was 4.7 μg m−3, and the spatial patterns of ammonium also indicate a low
concentration of ammonium sulfate in winter. Note that the vehicular emission rate of SO2 was very
low, implying that ammonium sulfate inside the street canyon might also be low [55]. The sum of the
ammonium and nitrate concentrations was 16.1 μg m−3, higher than the air quality guidelines set by
the World Health Organization (WHO, 10 μg m−3) and 46% of the WHO Interim Target-1 (35 μg m−3),
indicating the hazardous effect of ammonium nitrate aerosols on pedestrians [56]. Considering that
nitrate chemistry is highly nonlinear, this cannot be resolved and may lead to uncertainty in regional
models due to their coarser resolution.

Figure 4. Distribution of the daily average concentrations of (a) nitrate and (b) ammonium (μg m−3) in
the CNTL simulation.

We investigated the sensitivity of nitrate aerosol production to NOx emission. Figure 5a shows
the average nitrate concentration in the street canyon (i.e., below 20 m) by following vehicular NOx

emission changes to investigate the sensitivity of nitrate aerosol production to the vehicular NOx

emission rate. Surprisingly, the nitrate concentration did not show a clear relationship with the NOx

emission rate. Nevertheless, the change in nitrate concentrations was at most 2% compared to the
standard simulation, and the average nitrate concentration was highest in the CNTL and lowest in
the NOx × 0.25 simulations, indicating the nonlinearity of the nitrate aerosol production to the NOx

emission rate. These results contradict the conventional belief that high NOx emissions from vehicles
can cause nitrate aerosol air quality problems.

Figure 5b,d display the average HNO3, O3, and NO2 concentrations, respectively, in the street
canyon according to the sensitivity simulations. The HNO3 concentration in the street canyon shows
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changes similar to those of nitrate aerosol, indicating that the changes in nitrate aerosol in the sensitivity
simulations are closely related to the changes in HNO3 (Figure 5b). The O3 concentration decreases
as the NOx emissions increase because of NOx titration (Figure 5d). Note that O3 formation falls
under a VOC-limited regime in the street canyon due to vehicular emissions. A low concentration of
O3 prevents the conversion of NO2 to HNO3 through either photochemical production during the
daytime due to inhibited OH production and heterogeneous nitrate production at night. The NO2

(the precursor gas of HNO3), concentration in the street canyon is proportional to the NOx emissions
because it affects the direct NO2 emissions from vehicles and the reduction in photodissociation of NO2

under low O3 concentrations (Figure 5c). High NO2 creates suitable conditions for HNO3 formation,
compensating for the effect of decreased O3 on HNO3. Thus, HNO3 and nitrate aerosols have no clear
relationship with NOx emissions and only undergo small changes. These results imply that NOx

emission controls cannot improve PM2.5 levels in urban street conditions.

Figure 5. Average (a) nitrate, (b) HNO3, (c) NO2, and (d) O3 concentrations in the street canyon (i.e.,
below 20 m) following a change in the emission rate of vehicular NOx.

In addition, we estimated the sensitivity of nitrate aerosol production to VOC emissions. Figure 6a
shows the average concentration of nitrate aerosol in the street canyon following vehicular VOC
emission changes; nitrate concentrations are proportional to VOC emissions. The average nitrate
concentration in the VOC × 0.25 simulation was 8% lower than that of the CNTL simulation, indicating
the higher sensitivity of VOC emissions to nitrate aerosols compared with that of NOx emissions.
The nitrate aerosols in VOC × 0 only showed a 12% difference with those of the CNTL simulation,
which implies the large impact of the boundary condition on nitrate formation. The changes in HNO3

concentration follow the changes in nitrate concentration, implying that the former is caused by the
latter (Figure 6b). Reducing VOC emissions drives a decrease in both NO2 and O3 concentrations,
creating unfavorable conditions for HNO3 production, in contrast to the effect of NOx emissions
(Figure 6c,d). These results are consistent with a previous box modeling study, which suggests that
increases in VOC emissions induce nitrate production via O3 increases under a VOC-limited regime
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for O3 production [57]. Considering that megacities are generally under a VOC-limited regime [58,59],
VOC emission control can improve both O3 control and PM2.5 control in urban street canyons.

Figure 6. Average (a) nitrate, (b) HNO3, (c) NO2, and (d) O3 concentrations in the street canyon (i.e.,
below 20 m) following changes in the emission rate of vehicular VOC.

Finally, we investigated the sensitivity of NH3 emissions to nitrate production. Figure 7a shows
the average concentration of nitrate aerosols in the street canyon following vehicular NH3 emission
changes. The concentration of nitrate aerosol was considerably influenced by the NH3 emission
changes; the nitrate concentration in the NH3 × 4 simulation was 42% higher than that in the standard
simulation, and the nitrate concentration in NH3 × 0.25 was 85% of that in the standard simulation.
These results indicate that the sensitivity of NH3 emissions to nitration is much higher than that of
NOx and slightly higher than that of the VOC emissions. The HNO3 concentrations are inversely
proportional to NH3 emissions, indicating that higher NH3 emissions induce a higher conversion rate of
HNO3 to nitrate aerosol (Figure 7b). These results suggest that the production of ammonium nitrate is
reduced by the low concentration of NH3 under an NH3-limited regime for nitrate production. Studies
based on both modeling and observed campaigns have reported that nitrate formation occurs under an
NH3-limited regime in East Asian megacities, including SMR [21,60]. The nitrate aerosols in the NH3

× 0 simulation were 19% lower than those with the CNTL simulation, indicating that ammonium and
NH3 concentrations from the boundary also have an important role in nitrate formation in the urban
street canyon. These results indicate that the control of NH3 emissions might be the most effective
way to degrade PM2.5 problems where vehicular emissions are dominant in winter. The regulation of
vehicle emissions is mostly focused on the control of NOx emissions; considering the present findings,
we should instead focus on controlling VOC and NH3.

Though we used the coupled CFD–chemistry model to investigate the sensitivity of nitrate aerosols
from vehicular emissions under complex geometry, our simulation still has limitations. Sea-salt aerosol
significantly impacts the formation of nitrate aerosols via heterogeneous reactions when interacting
with trace gases on the surface of sea-salt aerosol [61]. This process drives the efficient production
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of nitrates under an NH3-limited environment. This model does not account for the effect of sea-salt
aerosol on nitrate aerosol production. Therefore, the simulation might underestimate the nitrate
formation of heterogeneous chemistry. Moreover, we only considered the effect of vehicular emissions;
NH3 and VOCs emissions from heating or biogenic emissions might affect the sensitivity of nitrate
formation in the street canyon. The absence of these emissions in the model domain might create
uncertainty in the nitrate aerosol calculation in this simulation.

Figure 7. Average (a) nitrate and (b) HNO3 concentrations in the street canyon (i.e., below 20 m)
following a change in the emission rate of vehicular NH3.

4. Model Sensitivity to Geometry and Speciation of VOC Emissions

We examined the sensitivity of the model to the canyon geometry by conducting sensitivity model
simulations in which we changed the street canyon aspect ratios (the ratio of building height to street
width) of the street canyon to 0.5 and 2.0. The conditions of the sensitivity simulations were identical
to those of the CTNL simulation except that the height of the buildings, 10 m and 40 m, respectively,
indicating canyon aspect ratios of 0.5 and 2.0 (Figure 8). We named the sensitivity simulations for
different aspect ratios “species name” × “multiplying factor” _A ”aspect ratio” (e.g., CNTL_A2.0 and
NOx × 2_A0.5). Figures 9 and 10 indicate the meridionally averaged NOx, O3, HNO3, and nitrate
aerosol concentrations in the CNTL_A0.5 and CNTL_A 2.0 simulations. The nitrate aerosol and their
precursors showed similar distributions as those of the CNTL simulations despite the difference in
their aspect ratios. The NOx concentration was highest at the surface and is an order of magnitude
higher than that outside the canyon, indicating the trapping of vehicular emissions due to the strong
canyon vortex in the street canyon (Figures 9a and 10a). The spatial distribution of NOx indicates
that concentrated vehicular emissions drive the NOx titration of the O3 concentration at the surface
under a low VOC emissions condition in both cases (Figures 9b and 10b). The HNO3 concentrations
also show similar distribution to those of the CTNL simulation, indicating the suppressing of the
production of OH and HNO3 (Figures 9c and 10c). Figures 9d and 10d show the nitrate concentrations
in the street canyon for different canyon aspect ratios. The averaged nitrate concentrations in the street
canyon (<10 m and <40 m, respectively) show 5.7 and 6.2 μg m−3 in the CNTL_A0.5 and CNTL_A
2.0 simulations, respectively, which are 9%, and 19% higher than those of the CTNL simulation.
These differences are mainly due to the complex canyon vortex driving for the building geometry [27].
Despite the dispersion patterns differing according to canyon geometry, the mechanism of nitrate
aerosol formation was consistent with that of CNTL, suggesting high nitrate formation from vehicular
emissions in the street canyon.

156



Atmosphere 2019, 10, 212

Figure 8. Schematic diagrams of the coupled sensitivity simulation domain for the canyon aspect ratios
(a) 0.5 and (b) 2.0.

Figure 9. Distribution of the daily average concentrations of (a) NOx, (b) HNO3, (c) O3 (ppbv), and (d)
nitrate aerosol (μg m−3) in the CNTL_A0.5 simulation.
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Figure 10. Distribution of the daily average concentrations of (a) NOx, (b) HNO3, (c) O3 (ppbv), and
(d) nitrate aerosol (μg m−3) in the CNTL_A2.0 simulation.

We tested the NOx, VOC, and NH3 emission sensitivity to nitration formation for different canyon
aspect ratios (0.5 and 2.0). Figures 11 and 12 show the averaged nitrate concentration in the street
canyons (<10 m and <40 m, respectively) by following the vehicular NOx, VOC, and NH3 emission
changes for the different canyon aspect ratios of 0.5 and 2.0, respectively. The sensitivity of the nitrate
formation following NOx, VOC, and NH3 emission changes is also similar to those for the canyon
aspect ratio of unity. The nitrate concentration changes show no clear relationship with the NOx

emission rate in either case, which is related to the nitrate precursor changes, particularly in the
daytime as we mentioned (not shown). The maximum concentrations occurred in NOx × 0.5_A0.5
and NOx × 0.5_A2.0, which differed slightly with the simulations for the canyon aspect ratio of
unity. Nevertheless, the difference in the nitrate concentrations between the simulations was only 2%.
The sensitivity of nitrate formation following VOC and NH3 emissions also follows consistent results
with those for the aspect ratio of unity. Enhanced (reduced) VOC emissions drive an increase (decrease)
in the nitrate aerosol concentration affecting the O3 concentration under a VOC limited regime for
O3 production. The nitrate concentration in the street canyon is proportional to the vehicular NH3

emission, indicating that NH3 limits the condition of nitrate formation in both cases. These results
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indicate that the sensitivity of nitrate formation following emission changes in the street canyon is
consistent, regardless of the building aspect ratio, due to concentrated emissions from vehicles and the
canyon vortex.

Figure 11. The average nitrate concentration in the street canyon following changes in the emission
rate of vehicular (a) NOx, (b) VOC, and (c) NH3 for the 0.5 canyon aspect ratio; units are μg m−3.

Figure 12. The same as Figure 11 but for the 2.0 canyon aspect ratio; units are μg m−3.

The VOC speciation of vehicular emissions might change the model sensitivity on nitrate
formation by affecting the ozone and OH production, considering all mechanisms are explained under
a VOC limited regime for O3 production. Therefore, we checked the sensitivity of VOC speciation
of emissions on nitrate aerosol formation using the different VOC chemical speciation used by
Kim et al. (2006) [62]. Table 5 summarizes the emission rates and the ratio of speciated VOC with
the method of Kim et al. (2006). Figure 13 indicates the averaged nitrate concentration in the street
canyon (i.e., below 20 m) by following vehicular NOx, VOC, and NH3 emission changes with the VOC
speciation of Kim et al. (2006). Similar to other sensitivity simulations, NOx emission changes did not
affect the nitrate formation (due to the conflicting effects of NO2 and O3) even though we changed the
VOC speciation (Figure 13a). The sensitivity of VOC concentration to nitrate formation also shows a
similar relationship to that with EMEP/EEA speciation. However, the sensitivity was slightly lower
than the nitrate concentration in CNTL, showing only a 6% difference between VOC × 0.25 and CNTL
(Figure 13b). These results show that the reduction of vehicular VOC emission is a more effective way
to regulate nitrate problems in urban streets than NOx emissions under different VOC speciations.

Table 5. Emission rates per vehicle and ratios of speciated VOC obtained by following the method
developed by Kim et al. (2006).

Tracer Name Formula Emission Rate [mg km−1] Ratio [%]

ALK4 ≥C4 alkanes 6.03 40.2

ISOP CH2 = C(CH3)CH = CH2 - -

ACET CH3C(O)CH3 0.15 1.0

MEK RC(O)R 0.0 0.0

ALD2 CH3CHO 0.08 0.5

RCHO CH3CH2CHO 0.08 0.5
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Table 5. Cont.

Tracer Name Formula Emission Rate [mg km−1] Ratio [%]

MVK CH2 = CHC(=O)CH3 - -

MACR CH2 = C(CH3)CHO - -

PRPE ≥C3 alkenes 2.10 14.0

C3H8 C3H8 0.15 1.0

CH2O HCHO 0.17 1.1

C2H6 C2H6 0.27 1.8

Unspeciated - - 39.9

Figure 13. Average nitrate concentration in the street canyon following changes in the emission rate of
vehicular (a) NOx and (b) VOC with the speciation method of VOC emission used by Kim et al. (2006);
units are μg m−3.

5. Conclusions

Nitrate contributions to PM2.5 mass have increased in polluted urban areas, with an increasing
number of severe haze events in East Asia. This study investigates the favorable conditions for the
production of nitrate aerosols in urban streets using a coupled CFD–chemistry model. It was found that
the nitrate concentrations in street canyons are higher than those outside the canyons due to the high
HNO3 concentrations from vehicular NOx in these canyons. However, the spatial pattern of nitrate
aerosols in street canyons differs from that of HNO3 due to NH3, thus indicating that ammonium
nitrate formation occurs under NH3-limited conditions in street canyons.

Sensitivity simulations indicate that nitrate concentration does not show a clear relationship with
the NOx emission rate, with nitrate changes of only 2% across among 16 time differences in NOx

emissions. The HNO3 concentration in street canyons changes in a similar manner to that of nitrate
aerosols, indicating that the changes in nitrate aerosols in the sensitivity simulations are closely related
to HNO3 changes. An increase in the NOx emissions induces a decrease in O3 and an increase in NO2

under a VOC-limited regime for O3 production. These changes in O3 and NO2 have a conflicting
effect on the HNO3 production in urban streets. Therefore, HNO3 and nitrate aerosols have no linear
relationship with NOx emissions and only undergo small changes. The sensitivity simulations were
conducted by varying the vehicular VOC emissions to investigate their effect on nitrate production.
The results show that nitrate concentrations are proportional to VOC emissions. Nitrate was decreased
by 9% in the VOC × 0.25 simulation, indicating a relatively high sensitivity compared to that of NOx.
Decreased VOC emissions drive a decrease in both NO2 and O3 concentrations, creating unfavorable
conditions for HNO3 production, unlike the effect of changes in NOx emissions. The nitrate aerosol
concentration is considerably influenced by NH3 emissions, which show a higher sensitivity to nitrate
production than do NOx and VOC emissions in urban streets. The nitrate concentration is proportional
to NH3 emissions with the additional production of ammonium nitrate under an NH3-limited regime
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for nitrate production. This research implies that, where vehicular emissions are dominant in winter,
the control of vehicular VOC and NH3 emissions might be a more effective way to degrade PM2.5

problems than controlling NOx.
We checked the model sensitivity by changing the model’s building geometry and VOC speciation.

The sensitivity of nitrate formation by following emissions changes acts in a similar direction as CNTL
simulation despite changing the building geometry and speciation of VOC emissions. The sensitivity
simulations revealed that our results about the sensitivity of nitrate production to emission changes
are robust.
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