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Preface to ”Bioﬁltration and Physicochemical
Filtration for Water Treatment”
Bioﬁltration is a technology of great interest since the costs of installation and, above
all, exploitation costs are much lower than those associated with other technologies based on
physical–chemical processes. There are certain applications where the experience with bioﬁltration
has been more widespread, but there are others where the application of biological systems has been
traditionally minor. Nowadays, the use of bioﬁltration is increasing every day.
On the other hand, the physicochemical ﬁltration process is a successful technology in numerous
applications in the ﬁeld of water treatment.

In many cases, the mechanisms for removing

contaminants that develop in a ﬁlter are complex. Thus, its efﬁciency may be due to the simple
physicochemical mechanisms that characterize any ﬁltration process, but the development of bioﬁlms
on the surface of the ﬁltering materials is also common, so, in part, the efﬁciency can be achieved
biologically. In this sense, the discussion about the mechanisms for removing contaminants in each
case is signiﬁcantly interesting.
This issue of the journal is focused on the treatment of different types of efﬂuents through
ﬁltration: Drinking water and wastewater. Different technologies are analysed: Filtration through
biochar from agricultural by-products; biological active carbon (BAC); electroadsorption using a
commercial granular activated carbon as the adsorbent; ﬁltration through sand, anthracite and
expanded clay; granular activated carbon (GAC) as part of a tertiary treatment for wastewater reuse.
Francisco Osorio
Editor
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Abstract: This study reports the adsorption capacity of lead Pb2+ and cadmium Cd2+ of biochar
obtained from: peanut shell (BCM), “chonta” pulp (BCH) and corn cob (BZM) calcined at 500, 600 and
700 ◦ C, respectively. The optimal adsorbent dose, pH, maximum adsorption capacity and adsorption
kinetics were evaluated. The biochar with the highest Pb2+ and Cd2+ removal capacity is obtained
from the peanut shell (BCM) calcined at 565 ◦ C in 45 min. The optimal experimental conditions were:
14 g L−1 (dose of sorbent) and pH between 5 and 7. The sorption experimental data were best ﬁtted
to the Freundlich isotherm model. High removal rates were obtained: 95.96% for Pb2+ and 99.05. for
Cd2+ . The BCH and BZM revealed lower eﬃciency of Pb2+ and Cd2+ removal than BCM biochar.
The results suggest that biochar may be useful for the removal of heavy metals (Pb2+ and Cd2+ ) from
drinking water.
Keywords: peanut shell; “chonta” pulp; corn cob; biochar; adsorption; lead; cadmium; drinking water

1. Introduction
Water pollution by wastewater discharges into rivers or bodies of water by anthropogenic activities
has increased due to population growth [1,2]. Heavy metals in water promote toxicity, and they are
not biodegradable [3,4]. Low concentration of heavy metals has a great impact on human health and
aquatic life. They can cause respiratory problems, weakening of the immune system, damage to the
kidneys or liver, genetic and neurological alterations and death [5]. Lead (Pb2+ ) and cadmium (Cd2+ )
are abundant in nature; however, they are very toxic. Pb2+ and Cd2+ are incorporated into the food
chain in low concentrations by water systems, aﬀecting wildlife and people [6].
In South America, some rivers that supply drinking water to cities contain Pb2+ in high
concentrations. The Rímac River in Lima, Peru, in 2009, registered a concentration of 2.15 mg
L−1 Pb2+ [7]. In 2017, the Rímac river maintained a high Pb2+ concentration (2.064 mg L−1 ) and also
reported a Cd2+ concentration of 0.038 mg L−1 [8]. In Ecuador, some rivers contain heavy metals
from mining [9]. The Puyango river, located between Loja and El Oro provinces at southern Ecuador,
reported an average content of 0.77 mg L−1 of Pb2+ . However, the water from Puyango river is used
for agricultural application and human consumption by northern Peru.
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There are some technologies for heavy metal removal from water, such as chemical precipitation,
ion exchange, electrochemical treatment, membrane technologies, reverse osmosis, electrodialysis,
nanoﬁltration, coagulation and adsorption [10–15]. Adsorption is an eﬃcient, simple and low cost
technology for heavy metal removal from water [16,17]. A low cost, renewable and high heavy metal
sorption capacity characterizes an eﬃcient sorbent [18]. The activated carbon is eﬃcient for heavy metal
adsorption; however, it is expensive and unproﬁtable for water treatment. So, the use of agricultural
by-products as a bioadsorbent-type biochar has become attractive for some researchers [19,20].
Biochar from vegetal sources is used for carbon sequestration due to its stability and
physicochemical properties [21]. The biochar properties depend mainly on the source raw material and
the calcination temperature. Biochar contains mineral and carbon fractions. The formation of aromatic
structures and oxygenated functional groups (Oxygen Functional Groups, OFG) are controlled by the
calcination temperature [22]. Biochar is also an eﬀective sorbent for nutrient removal from water due
to the high speciﬁc surface, porous structure and high cation and anion exchange capacity [23].
The aim of this study is to use the agricultural by-products: peanut shell, “chonta” pulp and corn
cob, to transform them into biochar for Pb2+ and Cd2+ removal from water. The peanut shell, “chonta”
pulp and corn cob were selected because they are agricultural residues that are found in abundance in
the location. Not much information has been found about previous studies using “chonta” pulp for
biochar obtention and adsorption of heavy metals. The objectives of the present study are: (i) determine
the optimal calcination conditions of the agricultural by-products for biochar obtention and (ii) evaluate
the eﬃciency of the biochar for Pb2+ and Cd2+ removal by batch experiments.
2. Materials and Methods
2.1. Raw Materials Collection
The agricultural by-products: peanut shells, “chonta” pulp and corn cob. The “chonta” (Bactris
gasipaes) belongs to the Araceae family. The “chonta” grows in the tropical and subtropical regions of
the American continent [24,25]. “Chonta” is fruit which is part of the nutritional diet of the indigenous
tribes from the Amazon. The peanut (Arachis hypogaea) is a legume of the Fabaceae family which is
originally from South America [26]. The corn (Zea Mays) belongs to the Graminea family [27]. The raw
material was acquired in the southern region of Ecuador. The peanut shell and the corn cob were
collected at Loja province (3◦ 52 23 S–79◦ 38 27 W). The “chonta” fruit was obtained from Ecuadorian
Amazon at Zamora Chinchipe province (4◦ 4.011 S–78◦ 57.293 W).
2.2. Calcination of Biomass
The “chonta” pulp was separated from the walnut using a 1.5 kg mortar. The peanut shell and
the corn cob were processed in situ from the harvesting tasks. The raw materials were washed with
deionized water to remove impurities. After, raw materials were dried at 105 ◦ C for 24 h [28,29].
The optimal calcination temperature and time were determined with a thermogravimetric analysis.
A mass (10 g) of each biomass was calcinated from 30 ◦ C to 800 ◦ C at 10 ◦ C min−1 rate [30–32].
The carbon content and yield were evaluated for the obtained biochar. The biomass was calcinated
until 500 ◦ C maintaining it at a constant during the 30 min [33–35]. Furthermore, the calcination was
evaluated during 45 and 60 min until 600 and 700 ◦ C, respectively [36].
After calcination, biochar was triturated pass through a mechanical sieve equipment (Retsch
AS200). There was obtained biochar sizes in the range of 4.76 mm to 2 mm, sieve ASTM No. 4 and
ASTM No. 10, respectively. The biochar particles were washed with deionized distilled water to
remove impurities and ash [29,37], ﬁnally biochar were dried at 105 ◦ C during 60 min [28,38].
2.3. Biochar Characterization
The moisture content, volatile matter, ash and ﬁxed carbon were determined, according to the
ASTM D3174-12 (Standard Test Method for Ash in the Analysis Sample of Coal and Coke from Coal)
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standard [34,39]. The yield was determined by weight mass diﬀerence between the biomass and
the biochar obtained after calcination [40]. The moisture content was determined by drying 1 g of
biochar at 105 ◦ C for 180 min, then the sample was placed in a desiccator until the ﬁnal weight was
registered [41].
The morphology and composition of the biochar were studied in a Scanning Electron Microscopy
coupled to the Energy Dispersive Spectroscopy system.
To biochar speciﬁc surface was determined by the nitrogen gas adsorption method. An automatic
adsorption analyzer (Micrometrics) was used. Trials were performed with three replicates and average
values are reported.
The ash content was determined using 0.10 g of dry biochar. The sample was introduced into
a muﬄe preheated at 650 ◦ C between 3 h and 16 h. The calcination was completed when constant
weight was obtained [42]. The volatile material was determined by weighing 1 g of biochar, which is
preheated in a muﬄe at 950 ◦ C for 7 min. Finally, the biochar weight correspond to the non-volatile
compounds [43]. The moisture, volatile material, ash and ﬁxed carbon of biochar is equal to 100% of
the carbon composition. The ﬁxed carbon was determined by mass balance from 100% of the carbon
composition, the percentage of moisture, ash and volatile material [39].
The weight: volume ratio as the apparent density was determined according to ASTM D2854 - 09
(Standard Test Method for Apparent Density of Activated Carbon). An electro vibrator was used with
a uniform ﬂow range of 0.75 cm3 s−1 to 1 cm3 s−1 , to improve the density results [44].
Finally, the use of a Hirox KH 8700 digital microscope and Labscope software, the pore size on the
grain surface was measured.
2.4. Evaluation of Pb2+ and Cd2+ Removal from Aqueous Solution
A nomenclature was used to identify each biochar obtained from: peanut shell (BCM), “chonta”
(BCH) and corn cob (BZM). The adsorption capacity was determined using Equation (1) [32].
qe =

( C o − Ce )
×W
m

(1)

where qe (mg g−1 ) is the adsorption capacity; Co (mg L−1 ) is the initial concentration; Ce . (mg L−1 ) is
the equilibrium concentration; W (L) is the volume of Pb2+ or Cd2+ aqueous solution and m (g) is the
sorbent mass. The removal percentage (%Removal) were determined by Equation (2) [32].
%Removal =

(Co − Ce )
× 100
Co

(2)

2.4.1. Eﬀect of pH
The adsorption capacity and removal percentage were evaluated at pH 3, 5, 7 and 9 at room
temperature of 18 ◦ C. Synthetic solutions containing 2 mg L−1 Pb2+ and 2 mg L−1 Cd2+ at were
prepared from Pb (NO3 )2 (purity 99.5%, MERCK) and using a standard of 1000 mg L−1 Cd2+ , SIGMA –
ALDRICH, respectively. The pH of the solution was adjusted using NH4OH at 0.1 mol L-1 or HCl
0.1 M [45]. The amount of biochar and adsorbate was the same for each pH value under evaluation.
The ﬂask was stirred for 45 min at 140 rpm. The equilibrated solution were ﬁltered on a 45 μm ﬁlter
paper and HNO3 was added (0.1 mol L−1 ) to avoid the precipitation of metal ions [28]. An inductively
coupled plasma optical emission spectrometer (Perkin Elmer OPTIMA 8000) was used for determining
the metals’ concentration. The adsorption capacity and removal percentage were determined.
2.4.2. Eﬀect of Adsorbent Dose
The amount of biochar was evaluated using concentrations of 8, 10, 12, 14 and 16 g L−1 of adsorbent
at room temperature at 18 ◦ C. 100 mL of solution containing 2 mg L−1 Pb2+ and 2 mg L−1 Cd2+ at pH 5.
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The ﬂask was stirred for 45 min at 140 rpm. The equilibrated solution was ﬁltered on a 45 μm ﬁlter
paper. The equilibrium concentration Ce was determined.
2.4.3. Adsorption Isotherms
The initial concentrations of the synthetic Pb2+ and Cd2+ solutions were: 1, 2, 3 and 4 mg L−1 .
50 mL of synthetic solutions using 2 mg L−1 of sorbent were equilibrated during 45 min at 18 ◦ C.
The equilibrated solution was ﬁltered on a 45 μm ﬁlter paper. The equilibrium concentration
Ce was determined. The experimental data were ﬁtted to de Langmuir and Freundlich isotherm
models [28,44]. Langmuir model describe the chemical or monolayer adsorption and Freundlich will
indicate whether it is a physical or multilayer adsorption. The Langmuir isotherm model is represented
by Equation (3) [46].
q
KL Ce
qe = max
(3)
1 + KL Ce
where is maximum adsorption capacity required for the formation of monolayer; KL (L mg−1 ) is a
Langmuir constant related to the aﬃnity constant between the adsorbent and an adsorbate.
The Freundlich equation model is represented by Equation (4) [47].
qe = KF Ce n

(4)

where KF (L mg−1 ) is the Freundlich adsorption constant, which characterizes the strength of adsorption;
n (dimensionless) is a Freundlich intensity parameter.
2.4.4. Adsorption Kinetic
The adsorption kinetics of a 2 mg L−1 Pb2+ and 2 mg L−1 Cd2+ solution was performed at 5 ◦ C
and 18 ◦ C. In total, 100 mL of a 2 mg L−1 Pb2+ and Cd2+ at 5 were equilibrated with biochar at 140 rpm.
A 5 mL aliquot was taken from the solution during equilibration at 5, 15, 30, 45 and 60 min [37].
The equilibrated solution was ﬁltered on a 45 μm ﬁlter paper. The equilibrium concentration Ce was
determined. The experimental data were ﬁtted to the pseudo-ﬁrst order [48] and the pseudo-second
order [49] kinetic model. The adsorption of metal ions as a function of time was determined by
Equation (5) [37].
W(C o −Ct )
qt =
(5)
m
where qt (mg g−1 ) is the sorption capacity at t time; Ct (mg L−1 ) is the concentration of an adsorbate
after a contact time t (min). The Lagergren pseudo-ﬁrst order model is represented by Equation (6) [48].
dq
dt





= K1 qe − qt → qt = qe 1 + e−K1 t

(6)

where K1 (min−1 ) is the ﬁrst order rate constant; t (min) is the contact time. The Ho Model or
pseudo-second order is denoted by Equation (7) [49].
dq
dt


2
= K2 qe − qt

(7)

Integrating the previous equation for the conditions of qt = 0 for t = 0, Equation (8) [50].
⎛
⎜⎜
⎜
qt = ⎜⎜⎜
⎝

t
1
K2 qe 2

4

+

t
qe

⎞
⎟⎟
⎟⎟
⎟⎟
⎠

(8)
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where K2 (g mg−1 min−1 ) is the second order constant. The adsorption rate is denoted by Equation (9).
v=

qe
te

(9)

where v (mg g−1 min−1 ) is the adsorption rate; te (min) is the equilibrium time determined by the kinetic.
3. Results
3.1. Calcination Conditions
The curves for the ﬁxed carbon content at 30, 45 and 60 min are presented by Figure 1. They are
identiﬁed as FC (30 min), FC (45 min) and FC (60 min). The yield is identiﬁed as Y (30 min), Y (45 min)
and Y (60 min), respectively.

Figure 1. Yield vs. ﬁxed carbon of biochar: (a) peanut shell (BCM), (b) “chonta” pulp (BCH) and
(c) corn cob (BZM).

The intersection of Y and FC curves is the optimal carbonization point. For the BCM, the optimal
calcination point was determined at 565 ◦ C for 45 min. The BCH is optimally calcinated at 630 ◦ C for
45 min, and the BZM is optimally calcined at the 600 ◦ C for 45 min. At 30 and 60 min, biochar present
high content of FC and a low Y.
These results have been compared with other studies developed with biochar obtained from
organic material. N’goran et al. [37] calcined cashew shells at 500 ◦ C for 240 min and walnut shells at
450 ◦ C for 120 min in an electric oven. Colpas et Al. [39] calcined the corn cob at 400 ◦ C for 60 min in
a multipurpose furnace. Castellar [51] reports calcination temperatures of 530 ◦ C for 30 min for the
cassava shell, carried out in a muﬄe furnace. Therefore, the carbonization temperature obtained for
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the organic materials used is in the order of the values reported in similar studies, considering it ideal
for the transformation of these biomass.
3.2. Biochar Characterization
The result of biochar characterization is presented in Table 1. Peanut shell biochar obtained at
565 ◦ C, “chonta” pulp biochar obtained at 630 ◦ C and corn cob biochar obtained at 600 ◦ C. The moisture
content of biochar is according to the recommended values suggested according to the ASTM D2867-04,
between 2%–15%.
Table 1. Physicochemical characteristics of biochar.
Parameter
Apparent density
Moisture content
Volatile material Mv
Ash content Cc
Fixed carbon Cf
Speciﬁc surface
Pore size
Eﬀective size (D10 )
Yield Y

Units

BCM

BCH

BZM

g cm−3
%
%
%
%
m2 g−1
μm
mm
%

0.12
6.81
24.49
5.85
62.85
1224
21.11
1.45
60.16

0.17
5.98
34.62
10.48
48.92
652.8
30.62
2.28
78.64

0.11
5.23
19.99
4.22
70.22
778.3
28.44
2.11
61.23

The apparent density of the biochar is in the order of the range established by the ASTM D2854-09
standard, from 0.26–0.65 g cm−3 . The apparent density of the biochar obtained is low, so the mass of
these adsorbents should be less in a batch device. This fact can be favorable because fewer particles
increase the porosity and a better contact between the adsorbent’s surface and the adsorbate can occur.
This avoids overlapping of adsorption sites due to large adsorbent masses [44]. The biochars obtained
are in accordance with the AWWA B604-90 (Standard for granular activated carbon) [52]. This Standard
recommends that the particle of the granular carbon for water treatment should have an eﬀective size
between 0.4 to 3.3 mm.
The ASTM D3175-20 (Standard Test Method for Volatile Matter in the Analysis Sample of Coal and
Coke) considers Mv is optimal between 21.25% and 28.84%. ASTM D3175-20 (Standard Test Method
for Volatile Matter in the Analysis Sample of Coal and Coke) establishes a range of 21.25%–28.84% for
Mv. The Mv of BCH is higher than BCM and BZM. A biochar with a low content of volatile material is
not very combustible; the lower the amount of Mv, the higher the ﬁxed carbon content, an aspect that
will favor at the time of adsorption [39,53,54].
The Cc of the biochar are in accordance with the ASTM D-2866-11 (Standard Test Method for
Total Ash Content of Activated Carbon) standard establishes a range from 3% to 15%. A high ash
content indicates that the biochar is fragile to carbonize but the low Cf content obtained aﬀect its
speciﬁc surface the adsorption capacity [55,56]. The higher speciﬁc surface the better the adsorption
capacity. The speciﬁc surface of the BCM was higher and had a higher adsorption capacity than the
other materials tested. The speciﬁc surface of the biochar was compared with other similar materials
(Table 2).
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Table 2. Speciﬁc surface area of various activated carbons and biochar.
Sorbent

S (m2 g−1 )

Reference

Ripened Tea Leaf (MTL)
Macore fruit
Palm oil mill eﬄuent
Coconut shell
Cashew shell
Cashew shell
Shea shell
Cashew shell
Peanut shell (BCM)
“Chonta” pulp (BCH)
Corn cob (BZM)

1313
229.5
59.19
1135
395.0
984.0
768
512
1224
652
778

[56]
[57]
[58]
[59]
[60]
[61]
[37]
[37]
This study
This study
This study

3.3. Sorbent Chemical Characteristics
The morphology and chemical compositions of the adsorbents were analyzed using a scanning
electron microscope (SEM) coupled Energy Dispersive X-ray spectroscopy (EDX) (EDX) (Figure 2a–c).
BZM contains mainly silicon, the whitish coloration can be leathery materials from the plant that
generated the carbon. BCH contains a lot of calcium sulphate, gypsum, some phosphorus (typical of
organic materials) and a little silicon.

Figure 2. Cont.
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Figure 2. SEM photographs and EDS spectra of adsorbents, (a) BCM ≈ 565 ◦ C, (b) BCH ≈ 630 ◦ C, (c)
BZM ≈ 605 ◦ C.

3.4. Adsorption as A Function of pH
The pH is determinant for the adsorption of heavy metals for biochar, since it shows that the
adsorption occurs through electrostatic attraction. In Figure 3 is represented the adsorption as a
function of pH for the three biochars. The Pb2+ adsorption increases with the increase of pH from 3 to
5. However, when pH increase from 7 to 9 the Pb2+ adsorption decrease. The Cd2+ removal percentage
is the same for the pH range evaluated. The optimal pH for the removal of Pb2+ and Cd2+ is performed
the best at pH 5.

Figure 3. Percentage of (a) Pb2+ and (b) Cd2+ adsorption as a function of pH.

The adsorption decrease below pH 5 because an excess of hydrogen ions is generated, producing
a competition with the positively charged metal ions towards the same places on the adsorbent
surface [37]. Removal also decreases when pH is higher than 7, the pH increase promotes the formation
of anionic hydroxide complexes that decrease the concentrations of free Pb2+ ions [62]. The occurrence
of the hydrolysis reactions is represented by Equations (10)–(12):

[Pb 2+ + OH− → Pb(OH)+ , — pka = 6.48]

(10)

[Pb(OH) + + OH− → Pb(OH)2 , — pka = 11.16]

(11)

−

[Pb(OH) 2 + OH

→ Pb(OH)3− , — pka = 14.16]

(12)

Kumar et al. [61] and Coelho et al. [63] determine pH 5 is the best for lead and cadmium removal
using activated carbon obtained from cashew nuts in India and Brazil, respectively. The behavior of
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the biochar evaluated in this study represents an excellent possibility for drinking water treatment
with typical pH values between 6.5 and 7.5.
3.5. Eﬀect of Adsorbent Dose
The BCM using 14 g L−1 allowed 86% of Pb2+ removal, but BCH and BZM with 12 g L−1 removes
a maximum of 74% and 85%, respectively (Figure 4). There are no diﬀerences between the BCM
doses used for Cd2+ removal. The BCH and BZM using 14g L−1 obtained over 90% of Cd2+ removal.
The percentage of removal increases with mass biochar increase. The greater the biochar mass the
more available spaces for adsorption. However, when the equilibrium is reached, no matter how much
biochar is used, the removal percentage does not increase. The aggregation or partial agglomeration of
the adsorbent particles in higher concentration promotes this behavior [6,64,65].

Figure 4. Removal percentage as a function of the biochar dose: (a) Pb2+ and (b) Cd2+ .

N’goran et al. [37] reported the optimum Pb2+ removal using activated carbon from cashews and
shea nuts using 12 g L−1 . Coelho et al. [63] reported experimental essays using 12 g L−1 for activated
carbon prepared from Brazilian cashew shell.
3.6. Adsorption Kinetics
The equilibrium sorption for Pb2+ and Cd2+ on the biochar was reached within 45 min at which
was obtained the highest removal value (Figure 5).

Figure 5. Biochar adsorption kinetics: (a) Pb2+ and (b) Cd2+ .

BCM developed the higher adsorption rate 0.0029 mg−1 g min−1 which developed the highest
Pb2+ removal. The removal percentage of biochar: 95.96% for BCM, the 87.37% for BCH and 67.77%
for BZM (Table 3). The adsorption capacity depends on the speciﬁc surface because the BCM (1224 m2
g−1 ) is higher than BZM and BCH. The BCM has a great surface to retain Pb2+ and Cd2+ from water.
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Table 3. Comparison of the adsorption results obtained for the biochar.
Co

Ce

Removal

qe

Time

Velocity

(mg L−1 )

(mg L−1 )

(%)

(mg g −1 )

(min)

(mg g−1 min−1 )

BCM
BCH
BZM

1.90
1.90
1.90

0.077
0.240
0.612

95.96
87.37
67.77

0.130
0.119
0.092

45
45
45

0.00289
0.00263
0.00204

BCM
BCH
BZM

1.90
1.90
1.90

0.018
0.109
0.150

99.05
94.25
92.12

0.134
0.128
0.125

45
45
45

0.00299
0.00284
0.00278

Element

Biochar

Pb2+

Cd2+

The kinetic parameters of biochar evaluated in this study are summary in Table 4. So, the adsorption
mechanism of Pb2+ and Cd2+ removal on biochar can be determined [65].
Table 4. Parameters of mathematical kinetic models.
Element

Biochar

First Order

Second Order

qe (mg g−1 )

K1 (h−1 )

R2

qe (mg g−1 )

K2 (g mg−1 h−1 )

R2

Pb2+

BCM
BCH
BZM

0.019
0.031
0.099

6.094
6.714
8.199

0.658
0.827
0.836

0.130
0.119
0.096

2676.817
1334.948
187.224

0.99995
0.99996
0.99252

Cd2+

BCM
BCH
BZM

0.028
0.077
0.025

6.247
8.409
3.560

0.754
0.909
0.753

0.142
0.138
0.132

1604.717
418.102
2879.693

0.99998
0.99999
0.99999

Taking into account the R2 value near to 1 the experimental sorption data are best ﬁtted to
the pseudo-second order kinetic model. So, Pb2+ and Cd2+ removal on biochar is performed by
chemisorption. Furthermore, Pb2+ and Cd2+ removal by biochar is governed by physisorption due to
the electrostatic attraction previously discussed as an eﬀect of pH [66].
Chemical sorption reactions occur through chemical bonds at speciﬁc functional groups which
are irreversible. Previous studies attributed the Pb2+ and Cd2+ removal is performed by ion exchange
reactions. The three biochar of this study contain some exchangeable metals on the surface such
as: Na+ , K+ , Ca2+ and Mg2+ that allow the exchange. The adsorption of lead and cadmium by ion
exchange reaction with those exchangeable ions can be described by Equation (13).
B-Na+ /K+ /Ca2+ /Mg2+ + Pb2+ /Cd2+ → B-Pb2+ /Cd2+ + Na+/K+ /Ca2+ /Mg2+

(13)

Furthermore, some complexation reactions occurred between Pb2+ and Cd2+ and the functional
groups existing on the surfaces of coals. Biochar contains some organic groups containing oxygen that
promote the Pb2+ and Cd2+ sorption on the biochar [67]. B-COOH and B-OH (B: biochar) represents
the functional surface groups of BCM, BCH and BZM. The Pb2+ and Cd2+ adsorption is expected to
occur by complexation reactions described in Equations (14) and (15) [29].
2 B-COOH+

Pb2+
Cd2+

→

2 B-COOPb2+ +2H∓
2 B-COOCd2+ +2H+

(14)

2 B-OH+

Pb2+
Cd2+

→

2 B-OPb2+ +2H+
2 B-OCd2+ +2H+

(15)

Furthermore, it has been found in previous reports that some precipitation reactions may occur
due to the components of biochar [28,68]. However, in this study we do not have evidence of this
fact. The low Pb2+ and Cd2+ concentrations used for the study make it improbable to detect them by
SEM-EDX characterization.
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3.7. Adsorption Isotherms
The Pb2+ and Cd2+ removal by biochar increase with the increase of initial metal concentration.
Taking into account the R2 , the experimental sorption data of both Pb2+ and Cd2+ on biochar are best
ﬁtted to Freundlich isotherm. The highest Pb2+ and Cd2+ sorption on biochar is obtained by BCM
(Table 5).
Table 5. Fit to mathematical models of isotherms.
Element

Biochar

Pb2+

Cd2+

Langmuir

Freundlich

qMAX (mg g−1 )

KL (L mg−1 )

R2

KF (L mg−1 )

n

R2

BCM
BCH
BZM

0.271
0.245
0.205

11.58
4.34
4.27

0.940
0.763
0.996

2.528
0.532
0.453

0.34
0.76
0.37

0.967
0.999
0.920

BCM
BCH
BZM

1.038
0.655
0.857

1.67
1.08
0.37

0.189
0.881
0.534

0.816
0.675
0.0.528

0.86
0.79
0.84

0.839
0.997
0.989

Accordingly, to Freundlich isotherm model the adsorption is performed by physical mechanisms
(Figures 6 and 7). Physical adsorption denotes the existence of an energetically heterogeneous surface.
The occurrence of Van der Waals forces and the metal adhesion to the porosity is determinant for
adsorption. The Langmuir isotherm establishes chemisorption as the basis mechanism. Chemisorption
takes place in a homogeneous layer, indicating ﬁnite sites on the adsorbent’s surface speciﬁc for the
adsorbate [13,28]. As it was reported before, Pb2+ and Cd2+ adsorption on the biochar occurred by
speciﬁc ion exchange and complexation reactions represented by Equations (13)–(15).
Freundlich

BCH

Langmuir

0.3



qe (mg g-1)



0.2
0.1
0

Freundlich

Langmuir





0

0.05

0.1

0.15



0.2



Ce (mg L-1)



Ce (mg L-1)

(a)

(b)
BZM

Freundlich

Langmuir

0.6
0.5

qe (mg g-1)

qe (mg g-1)

BCM
0.4

0.4
0.3
0.2
0.1
0
0

0.5

1

1.5

2

Ce (mg L-1)

(c)
Figure 6. Adsorption Pb2+ isotherms: (a) BCM, (b) BCH and (c) BZM.
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Figure 7. Adsorption Cd2+ isotherms: (a) BCM, (b) BCH and (c) BZM.

The results of this study suggest the simultaneous occurrence of physical and chemical adsorption
for the Pb2+ and Cd2+ removal. Physisorption, is the mechanism that governed the Pb2+ and Cd2+
caption on biochar.
4. Conclusions
The yield of BCH ≈ 78.64% > CZM ≈ 61.23% > BCM ≈ 60.16%. The moisture content,
the eﬀective particle size, ash content and volatile material of biochar is in accordance with the
standards for granularly activated carbon. BCM has the higher Pb2+ and Cd2+ adsorption capacity.
The physicochemical characteristics of BCM are responsible for the high adsorption behavior. BCM
has the highest speciﬁc surface area of biochar: BCM ≈ 1224 m2 g−1 > BZM ≈ 778 m2 g−1 > BCH ≈ 652
m2 g−1 . The Pb2+ adsorption capacities of biochar were: BCM ≈ 2.528 mg g−1 > BCH ≈ 0.532 mg g−1 >
BZM ≈ 0.453 mg g−1 . The Cd2+ adsorption capacities of biochar were: BCM ≈ 0.314 mg g−1 > BZM ≈
0.155 mg g−1 > BCH ≈ 0.049 mg g−1 . The experimental data were best ﬁtted to the Freundlich isotherm
model and the pseudo-second order kinetic model. The adsorption is denoted by physical mechanisms:
Van der Waals forces and the biochar porosity. The adsorption on biochar is also promoted by means
of chemical reactions, complexation and ion exchange.
The biochar evaluated has great potential to be used in the treatment of water, allowing Pb2+
and Cd2+ removal from drinking water. The low cost and availability of the raw material makes it an
interesting proposal for water treatment. Furthermore, adsorption is a low-cost and easy-to-implement
technology in treatment systems for drinking water. Although the energy requirement to obtain the
biochar is important, the social beneﬁt is also very relevant for developing countries, because with this
application we are able to avoid serious diseases in children and adults, which is of evident public
health interest. Furthermore, on the other hand, a sustainable use of waste is achieved, that otherwise
would have to be managed, incurring signiﬁcant costs.
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Abstract: This article presents results of research which aimed to assess the impact of bioﬁltration
processing on the biological stability of water. Effectiveness of biogenic substances removal (C, N,
P) and bacteriological quality of water after the bioﬁltration process were discussed. The research
was carried out on a semi-technical scale on natural underground water rich in organic compounds.
A ﬁlter with a biologically active carbon (BAC) bed was used for the research. Despite the low water
temperature of between 9–12 ◦ C, there was a high efﬁciency of organic matter removal—33–70%.
The number of mesophilic and psychrophilic bacteria in the water before and after the bioﬁltration
process was comparable (0–23 CFU/mL) and met the requirements for drinking water. No E. coli
was detected in the water samples. The biological material washed out of the ﬁlter bed did not cause
deterioration of water quality which proved that the operating parameters of the bioﬁlters were
properly chosen, i.e., contact time of 30 min, ﬁltration speed up to 3 m/h. Reduction of the content of
nutrients in the treated water limits the risk of microbial growth and thus the emergence of biological
growth in the distribution system.
Keywords: bacteriological contamination of water; bioﬁltration; biological stability; water treatment

1. Introduction
The combination of unit processes used in water treatment technological systems should ensure
not only removal of pollutants present in normative values but also guarantee water quality that
reduces the risk of secondary contamination during transport to the recipient [1].
It is believed that the main cause of changes in the quality composition of water during its
transport is, apart from the technical condition of the network, water instability. The result of instability
is the intensiﬁcation of corrosive processes through the precipitation and dissolution of accumulated
deposits and the formation of bioﬁlms [2,3]. All the factors enabling the creation and development
of bioﬁlms in water distribution systems are not presently sufﬁciently known [4]. A water that does
not contain microorganisms and does not sustain their development in the water supply network is
considered to be biologically stable. The striving to achieve the biological stability of water is associated
with the need to ensure an extremely low content of food substrates, especially biodegradable organic
carbon (BDOC), easily digestible nitrogen, and phosphorus [5–9].
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The unsatisfactory efﬁciency of biogens removal has led to the need to expand conventional
technological systems with a bioﬁltration process in which contaminants are removed by sorption,
assimilation, and biodegradation [10–12].
Bioﬁltration makes it possible to eliminate the basic nutrients that ensure the growth of
microorganisms and precursors of disinfection by-products (this is demonstrated by the decrease in
UV absorbance) [13–15].
However, it remains doubtful how the efﬁciency of the bioﬁltration process will change after
exhausting the adsorptive capacity of activated carbon. Will the water after the bioﬁltration process
still be safe in sanitary terms and how will it affect the stability of tap water?
The greatest concerns relate to the possibility of microorganisms or fragments of bioﬁlms, formed
on activated carbon seeds which ﬁll the bioﬁlter, getting into the treated water. The fact that the ﬁnal
disinfection process does not completely eliminate bacteria, viruses, and fungi present in the treated
water further intensiﬁes these fears [16,17].
The aim of the research was to assess the impact of the bioﬁltration process on the microbiological
quality of water and the effectiveness of biogenic substances removal which determine the biological
stability of tap water.
2. Materials and Methods
2.1. Characteristics of Drawn Water (Raw)
The Water Treatment Plant (WTP) is supplied from an unconﬁned quaternary aquifer with a
depth of about 15 m bgl using 27 wells. The physicochemical quality of the water being captured is
presented in Table 1.
Table 1. Physicochemical quality of underground water (data from WTP).
Indicator

Unit

Range of Changes

/m3

11.0–14.5

Permanganate value

g O2 /m3

11.0–18.1

Turbidity

NTU

8.0–14.0

Colour

g Pt/m3

40–100

Total Organic carbon (TOC)

Ammonia nitrogen

g O2

g NH4

+ /m3

1.20–1.98

pH

-

6.4–7.0

Temperature

◦C

10.8–12.1

Hardness

g CaCO3 /m3

200–470

Sulfate

g SO4

2− /m3

60–240

Conductivity

mS/cm

430–1016

Alkalinity

val/m3

2.5–4.5

2.2. Technology System for Water Treatment
The drawn water is directed to a collective well (stoppage time of 2–4 h, depending on the
current water production). The water is then directed to a cascade of oxygenation. A dispensing
potassium permanganate chemical-oxidant with a dose of 2.1–2.4 mg/L and a PAX-18 coagulant
in the amount of 120–140 mg/L is situated just below the cascade (11.0–12.6 mg Al/L). Vertical
coagulation–sedimentation chambers with a contact time of 6–8 h are the next stage of the water
treatment. Lime milk is dosed (about 10.0 mg/L) to the water in the chambers, which is directed to
horizontal settler raising the pH. The retention time in the settlers is several hours. The next step
involves ﬁltration of water at a speed of 1.5–3 m/h and the ﬁnal disinfection with sodium hypochlorite
(Figure 1).
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Figure 1. Technological ﬂowchart for the Water Treatment Plant.

The ﬁlter used was a biologically active deposit of activated carbon with the parameters contained
in Table 2.
Table 2. Parameters of the bioﬁlter model [18].
Operating Parameters

Value

Properties of the Filter Material

Height of the carbon bed, m

1.12

Granulation, mm

Value
1–4

Diameter, m

0.055

Speciﬁc surface, m2 /g

950–1050

Filtration velocity, m/h

1.5–2.0

The iodine value, mg/g

998

Contact time, h

0.5

pH aqueous extract

11

2.3. Research Procedure
The research was carried out over a period of one calendar year. The list of controlled water
parameters and analysis procedures is presented in Table 3. The obtained results were subjected to
statistical analysis with the use of STATISTICA12 software.
2.4. Evaluation of Work of Model Filter-Test EMS
The development of activity within biosorption beds, and the observations regarding the
relationships between sorption and biodecomposition processes, were recorded based on the Eberhardt,
Madsen, Sontheimer (EMS) test [19–21]. The EMS test is based on the value of the indicator, described
by the relation between the change in COD or permanganate index and the loss of dissolved oxygen,
taking place during ﬁltration.
S = ΔCOD/ΔO2
(1)
where:
ΔCOD—loss of COD (with K2 Cr2 O7 or with KMnO4 )
ΔO2 —loss of dissolved oxygen
When:

•

S = 1 adsorption and biodecomposition happen with identical intensiveness,
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•
•
•
•

S > 1 adsorption dominates,
S < 1 biodecomposition dominates,
S = 0, ΔCOD = 0, ΔO2 > 0 sorption and biodecomposition processes stopped
S undetermined, ΔCOD > 0, ΔO2 = 0 sorption present, biodecomposition absent ΔCOD = 0,
ΔO2 = 0 sorption and biodecomposition absent

The presence of the bioﬁlm was conﬁrmed by observation, using a light microscope and an
electron scanning microscope JOEL SEM 5500 LV (JEOL Ltd., Tokyo, Japan).
Table 3. Summary of analytical methods for laboratory experiments [22].
Parameters

Analytical Method/Standard

Total organic carbon (TOC)

TOC analyzer Sievers 5310 C (SUEZ, Boulder, CO, USA)

Permanganate value

The permanganate method

UV absorbance

Spectrophotometric method

Inorganic nitrogen content
(N-NH4 + + N-NO2 − + N-NO3 − )

N-NH4 + : direct nessleryization method using Merck
spectrophotometer
N-NO2 − : colorimetric method by Nitrite Test Merck 1.14408
−
N-NO3 : spectrophotometric method with sodium salicylate

Inorganic phosphorus content

Spectrophotometric method with ammonium molybdate using
Merck spectrophotometer

Dissolved oxygen (DO)

Electrochemical method using a Hach-Lange oxygen probe

The total number of bacteria at 37 ◦ C after 24 h (mesophilic bacteria)
The total number of bacteria at 22 ◦ C after 72 h (psychrophilic bacteria)
Escherichia coli bacteria

Traditional culture method using A Agar from BTL Ltd.
Membrane ﬁltration procedure using Endo agar

3. Results
Expanding a conventional treatment system with a bioﬁltration process on granulated active
carbon resulted in an improvement of physicochemical parameters (Figure 2, Figure 3 and Figure 9)
and did not cause the deterioration of the treated water’s microbiological parameters (Figures 7 and 8).
The average monthly values of total organic carbon in the water feeding the carbon ﬁlter ranged
from 8.13 to 11.61 mg C/dm3 , whereas, after the bioﬁltration process, the values ranged from 3.47
to 6.31 mg C/dm3 (Figure 2). The highest efﬁciency of removing organic compounds, by 70%, was
observed in February. From April to November, the effectiveness of total organic carbon (TOC) removal
was relatively stable at 33%.
The average efﬁciency of absorbance reduction after the bioﬁltration process ranged from 4%
to 72%, and the lowest obtained value was 3.40 m−1 (Figure 2). The analysis of obtained test results
showed a strong relationship between the concentration of TOC and UV absorbance, for which the
Pearson correlation coefﬁcient reached a value of R = 0.77. The measurement of the total organic
carbon content at many water treatment plants is often replaced by the ultraviolet absorbance test.
The concentration of organic matter expressed by oxidation ﬂuctuated around the recommended
value (5 mg O2 /dm3 ), while the introduction of a bioﬁltration process allowed lowering of the average
monthly values of this parameter by a factor of two (Figure 3).
The increase in the efﬁciency of organic matter removal in the ﬁltration process through a bed of
activated carbon was mainly caused by the process of biodegradation occurring with the participation
of microorganisms developing on the surface of grains [19]. The dominant biosorption process was
demonstrated by the reduction of oxidation and oxygen depletion (Figures 3 and 4).
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Figure 2. Average monthly values of total organic carbon and UV absorbance in water before and after
the bioﬁltration process.

Figure 3. Average monthly values of permanganate value and dissolved oxygen in water before and
after the bioﬁltration process.

The nature of the carbon bed’s work and its biological activity was determined using the
Eberhardta, Madsena, and Sointheimera (EMS test). The average values of the S index obtained
for the one-year study are shown in Figure 4.
The EMS test conﬁrmed that the biodegradation process dominates on the surface of the activated
carbon. S index values were in the range from 0.26 to 0.8. The exception was in the months of March
and April, during which the increase of S index was above 1, indicating the dominance of the sorption
process over biodegradation.
The presence of bioﬁlm on the surface of activated carbon is conﬁrmed by images from light
(Figure 5) and scanning microscopes (Figure 6).
The average number of mesophilic and psychrophilic bacteria in the water before and
after the process was at a comparable level, i.e., 0–18 CFU/mL in the case of mesophilic and
0–23 CFU/mL—psychrophilic (Figure 7). The presence of E. coli was not detected in the water
samples after the bioﬁltration process during the entire test period. The presence of E. coli in an amount
of 1–3 CFU/mL constitutes low, 4–6 CFU/mL medium, and 7–9 CFU/mL a high health risk [23]
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Figure 4. Average monthly changes in S indicator after bioﬁltration process.

Figure 5. Edge of granular activated carbon grain covered with biological membrane (photos from a
light microscope).

Figure 6. Biological membrane formed on granular activated carbon ((A): before biosorption, (B): after
biosorption))—photos from a scanning microscope.
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Figure 7. Total number of mesophilic and psychrophilic bacteria in water before and after the
bioﬁltration process.

Introduction of the bioﬁltration process allowed obtaining of water that meets the microbiological
requirements as deﬁned by Council Directive 98/83/EC of 3 November 1998 on the quality of water
intended for human consumption. In addition, the quality of treated water corresponded to the
requirements for bottled water (bottle sales), as the number of mesophilic and psychrophilic bacteria
did not exceed the normative values of 20 and 100 CFU/mL, respectively (Figure 7) [24].
The statistical analysis of the microbiological research results (Figure 8) fully conﬁrms that a
properly conducted bioﬁltration process is safe. The biological material washed out of the ﬁlter bed will
not affect the sanitary condition of water if the bioﬁlter parameters are optimal for the biodegradation
process, i.e., contact time (30 min), ﬁltration speed (1–3 m/h).
Figure 9 compares the physicochemical quality of water before and after the bioﬁltration process
on granulated activated carbon. Reducing the content of nutrients in water limits the risk of loss of
biological stability of water entering the distribution system. The threshold values of parameters
limiting secondary development of microorganisms in distribution systems should be lower than
0.25 g C/m3 BDOC, 0.2 g Nnorg /m3 and 0.03 g PO4 3− /m3 [25].
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Figure 8. Statistical analysis of microbiological results obtained for water before and after bioﬁltration
process on granular activated carbons.
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For the whole of the research period, the average content of inorganic nitrogen in water reaching
the bioﬁlter was 0.76 g Nnorg /m3 , whereas after ﬁltration through the active carbon bed it was 0.62 g
Nnorg /m3 . The value recommended for maintaining biostability—0.2 g Nnorg /m3 —was not obtained
(Figure 10). The content of phosphate ions varied in the range of 0–0.0035 g PO4 3− /m3 and met the
requirements necessary to maintain water biostability (0.03 gPO4 3− /m3 ) (Figure 10).
Analyzing the three-level scale of risk, i.e., tolerated, controlled, and non-acceptable risk, it was found
that in a conventional treatment system, only 4.7% of the samples tested are in the tolerable risk zone,
while the biofiltration process increases this value to 28.6%. The remaining samples correspond to the level
of safety requiring control and reduction, in which there are reasons to maintain water biostability [14].
The comparison of median of the treated water’s physicochemical parameters in a conventional
system and in the system extended by the bioﬁltration process indicates the justiﬁability of introducing
bioﬁltration using granulated activated carbon. Reducing the content of nutrients in treated
water reduces the risk of microbial growth and thus the emergence of biological growth in the
distribution system.
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Figure 9. Statistical analysis of selected physicochemical results obtained for water before and after the
bioﬁltration process on granular activated carbon deposits. Designations: (1) TOC (g C/m3 ); (2) UV
absorbance (UV1m 254 ); (3) Permanganate value (g O2 /m3 ); (4) Dissolved oxygen (g O2 /m3 ); (5) Total
inorganic nitrogen (g Nnorg /m3 ); (6) Total phosphorus (g PO4 3− /m3 ); (N = 44).
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Figure 10. Average monthly values of total inorganic nitrogen and total phosphorus in water before
and after the bioﬁltration process.

4. Discussion
The effectiveness of removing organic pollutants on active carbon beds has been conﬁrmed by
numerous studies [15,19,26–29]. Conventional water treatment systems eliminate natural organic
substances up to 40% [11,21,24], while systems extended by bioﬁltration, depending on the time of
bioﬁlter exploitation, achieve from 24–100% [15,19,30–32]. The effectiveness of organic matter removal
in metabolic processes is lower (24–42%) than in the adsorption process (70–100%), but the effectiveness
of bioﬁlter operation may exceed 10 years [10,33].
The research conducted for the ﬁrst operational period of the bioﬁlter [19] showed that the
combination of sorption processes with biodegradation until exhaustion of the capacity of the carbon
bed allowed for 100% removal of organic matter. Creation of bioﬁlm before exhaustion of the sorption
capacity of carbon allowed extending of the ﬁltration cycle but the effectiveness of removing TOC
decreased to 70% [19].
The results of research presented in this paper indicate that after a year of using a bioﬁlter the
efﬁciency of organic matter removal decreased by 50%. The observed decrease in the effectiveness of
the bioﬁlter could be caused by the depletion of the sorption capacity of carbon and the decrease in the
activity of microorganisms inhabiting the carbon bed.
The water temperature is an important parameter determining the activity of microorganisms.
Moll et al. found that the removal efﬁciency of dissolved organic carbon at 20 ◦ C was 24%, and at 5 ◦ C
the efﬁciency was reduced to 15% [34]. Emelko et al. observed similar differences in the efﬁciency of
the biodegradation process—92% for 21–25 ◦ C and 58% for 1–3 ◦ C [35]. Selbes et al. found seasonal
variability of bioﬁltration efﬁciency. The effectiveness of removing dissolved organic carbon was lower
in cooler months (~5%) and higher in warmer months (~24%) [36]. Halle et al. also conﬁrm that the
supply water temperature affects the efﬁciency of bioﬁltration [37]. Low temperature not only reduces
the rate of metabolization of the substrate but also affects the structure and diversity of the biological
membrane [34,38]. Hallam determined that the microbial activity at 7 ◦ C is 50% lower than at 17 ◦ C [3].
In the analyzed case, the problem concerned removal of organic matter from groundwater,
which, unlike surface water, is characterized by low temperature variability throughout the year.
The temperature could not constitute the main reason for reducing the activity of microorganisms
because the highest efﬁciency of bioﬁlters was observed in the winter months, i.e., December–March.
Literature indicates that the microbial activity correlates with the availability of nutrients, i.e., the
content of carbon, nitrogen, and phosphorus in the water ﬂowing into the biosorption ﬁeld. The C:N:P
ratio should be 100:10:1 and deﬁciency of any of the constituents limits the growth and development
of microorganisms, thus interfering with the course of the biodegradation process [39,40]. Dhawan
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et al. controlled the effectiveness of three bioﬁlters in which the treated water differed in terms of
nutrient content as follows: 546:24:1, 100:10:1, and 25:10:1. The Dissolved Organic Carbon (DOC)
removal efﬁciency was 23.5%, 28.6%, and 33.5% respectively [40]. In the case of waters containing
natural organic matter and inorganic nitrogen, phosphate ions are essential [41,42]. Their insufﬁcient
content inhibits the growth of microorganisms to a much greater extent than is the case for other
biogens [6,43]. Phosphorus concentrations below 0.005 mg/dm3 inhibit the transport of phosphorus to
bacterial cells [44].
The water ﬂowing into the bioﬁlter was characterized by a low phosphorus content
(0–0.0035 g PO4 3− /m3 ) which could have inﬂuenced the activity of microorganisms and the efﬁciency
of the bioﬁltration process. The observed lack of changes in the content of phosphorus in water
after bioﬁltration with the simultaneous removal of nitrogen (18%) and TOC (33%) could suggest the
existence of another source of phosphorus. It is likely that the carbon that ﬁlls the bioﬁlter has been
chemically activated with phosphorus-containing compounds.
It should be noted that despite the unfavorable relationship between the content of biogenic
substances (C:N:P, 28500:217:1), there has been a smooth transition of the sorption process into
biodegradation. The only explanation for the effective operation of the bioﬁlter in the initial period
of exploitation could be a method of coal grains’ chemical activation. Perhaps supplementing the
phosphorus content in an amount that would allow the optimal biogen ratio would help to increase
the efﬁciency of natural organic matter removal. The decisive role of phosphorus should be kept in
mind when water directed to a bioﬁlter is subjected to coagulation, effectively eliminating phosphorus
from the treated water.
The effectiveness of removing impurities in the BAC process also depended on the activity and
type of microorganisms forming the biological membrane [33,45]. Studies on the biological activity
of carbon bed samples were presented, among others, in the thesis [28,46–48]. Literature data show
that the biomass concentration demonstrates vertical stratiﬁcation and decreases with the depth of the
bed, however [45,47,49–52], this is not the rule [53]. Differences in the composition and concentration
of biomass depend on the availability of nutrients and the concentration of dissolved oxygen [54].
Less attention has been paid to the microbiological quality of the ﬁltrate. In the works [55,56], small
changes were shown between the quality of water directed to bioﬁlters and ﬂowing from the bioﬁlter
(the study was conducted for surface water treated with ozonation before bioﬁltration).
When analyzing the microbiological quality, it was found that the number of mesophiles and
psychrophiles in water before and after bioﬁltration was at a comparable level from 0 to 23 CFU/ mL.
The biological material washed out of the ﬁlter bed did not cause deterioration of water quality which
proved that the operating parameters of the bioﬁlters were properly chosen, i.e., contact time (30 min),
ﬁltration speed (up to 3 m/h).
5. Conclusions
The bioﬁltration process improves the quality and biological stability of treated water, reducing
the health risk and risks associated with threats to the technical infrastructure.
The number of mesophilic and psychrophilic bacteria in the water before and after the bioﬁltration
process was comparable (0–23 CFU/mL) and met the requirements for drinking water. No E. coli
was detected in the water samples. The biological material washed out of the ﬁlter bed did not cause
deterioration of the water quality which proved that the operating parameters of the bioﬁlters were
properly chosen.
The efﬁciency of TOC removal in the bioﬁltration process ranged from 70% to 33%. The reason
for the decrease in the effectiveness of the process of organic matter removal in the second year of
bioﬁlter exploitation could be depletion of the adsorption capacity of the carbon bed and reduction
of the activity of microorganisms colonizing the bed. Too low content of phosphorus in the water
entering the bioﬁlter could affect the efﬁciency of the biodegradation and assimilation process.
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The values of the median of treated water’s physicochemical and bacteriological parameters in
the system extended by the bioﬁltration process prove the justiﬁability of introducing this process into
the technological system of water treatment.
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Abstract: The adsorption and electroadsorption of bromide from natural water has been studied
in a ﬁlter-press electrochemical cell using a commercial granular activated carbon as the adsorbent.
During electroadsorption experiments, different voltages were applied (2 V, 3 V and 4 V) under
anodic conditions. The presence of the electric ﬁeld improves the adsorption capacity of the activated
carbon. The decrease in bromide concentration observed at high potentials (3 V or 4 V) may be due
to the electrochemical transformation of bromide to Br2 . The anodic treatment produces a higher
decrease in the concentration of bromide in the case of cathodic electroadsorption. Moreover, in this
anodic electroadsorption, if the system is again put under open circuit conditions, no desorption of
the bromide is produced. In the case of anodic treatment in the following adsorption process after
24 h of treatment at 3 V, a new decrease in the bromide concentration is observed as a consequence
of the decrease in bromide concentration after the electrochemical stage. It can be concluded that
the electroadsorption process is effective against the elimination of bromide and total bromine in
water, with a content of 345 and 470 μg L−1 , respectively, reaching elimination values of 46% in a
single-stage electroadsorption process in bromide and total bromine. The application of the electric
ﬁeld to the activated carbon with a positive polarization (anodic electroadsorption) increases the
adsorption capacity of the activated carbon signiﬁcantly, achieving a reduction of up to 220 μg L−1
after 1 h of contact with water. The two stage process in which a previous electrochemical oxidation
is incorporated before the electroadsorption stage signiﬁcantly increased the efﬁciency from 46% in a
single electroadsorption step at 3 V, to 59% in two stages.
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1. Introduction
Disinfection and elimination of pathogens is a fundamental part of water treatment
for human consumption, with chlorination being the most widespread method in the
world due to its low cost, among other favorable conditions. To ensure water quality,
a concentration between 0.2 and 1 mg L−1 of free residual chlorine is necessary in the
entire drinking water distribution network. When chlorine is combined with some contaminants present in the water, disinfection by-products can be generated. These water
disinfection by-products (DBPs) are substances that are formed as a result of the reaction
between disinfectants and some compounds present in water, such as natural organic
matter. Organic matter dissolved in raw water is one of the main causes of the formation of DPBs, since it reacts with chlorine giving rise to the formation of halogenated
trihalomethanes [1]. Trihalomethanes are disinfection by-products (DBPs) formed by the reaction of chlorine derivatives in drinking water with their precursors, which can be organic
matter or bromide. The most common THMs are chloroform trichloromethane (CHCl3 ),
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bromodichloromethane (CHBrCl2 ), dibromochloromethane (CHBr2 Cl), bromoform, and
tribromomethane (CHBr3 ) [2].
Environmental legislation regarding the presence of trihalomethanes (THMs) in drinking water is becoming increasingly restrictive. In accordance with current regulations, the
need to control the concentration of these compounds in water for human consumption is
established, since their presence can cause serious damage to human health [3].
In this sense, drinking water, or sources of water intended for human consumption
(potable and/or pre-potable), usually have a low concentration of bromide. However,
sometimes they can be generated during the puriﬁcation process and lead to compounds
of high toxicity for humans [4–7].
The presence of bromide is of special interest because, unlike chloride, bromide
favors the formation of THMs, producing compounds such as bromoform (CHBr3 ), bromodichloromethane (CHCl2 Br) or chlorodibromomethane (CHCIBr2 ), among others. [8,9].
Bromide is found naturally in seawater and in coastal areas, which is a problem of special
interest in the waters for human consumption in the Mediterranean basin.
Conventional water treatment processes (coagulation, ﬂocculation, and sedimentation)
remove organic precursors from water in the range of 20%–60% [10–12], but they are not
effective in removing inorganic precursors [13–17]. Bromide, arsenic, phosphate, nitrite and
selenium are available in water as anions. Therefore, the removal is strongly dependent
on the hydrophobic character of the sorbent (in essence it is about the isolectric point
and/or point of zero charge) and the properties of the anions (in this sense, the speciation
that encompasses the charge and the changes are important with respect to electrostatic
interaction with the adsorbent). Thus, adsorption is favored in hydrophobic materials, such
as activated carbons, for hydrated anions with a low degree of hydration, when comparing
anions with the same charge [18,19]. In this study, we focus on the removal of bromide
in waters with elevated bromide levels. This results in an increase in the Br-/DOC ratio
and promotes the formation of brominated DBPs with higher toxicity [20]. Thus, new and
advanced treatment technologies are needed to remove inorganic precursors.
Until now, the existing treatment systems for the removal of Br− , I− , and Cl− ions
are based on the use of different types of ion exchange resins, although they are not very
efﬁcient due to their high cost and the low selectivity of the exchange process [21–25].
Activated carbons are the alternative for the removal of organic and inorganic pollutants
from polluted waters due to the combination of high surface area, chemical and physical
stability, adjustable surface chemistry and reduced production costs. Thus, adsorption
treatments using these porous carbon materials are known to combine a high degree of
efﬁciency with a reasonable cost [26,27].
GAC has a number of properties, such as high surface area, large porosity, well
developed internal pore structure consisting of micro-, meso- and macropores, as well as a
wide spectrum of functional groups present on the surface of AC, which makes it a versatile
material that has numerous applications in many areas, but mainly in the environmental
ﬁeld [28]. The efﬁciency of ACs as adsorbents for diverse types of pollutants is well
reported [29,30]. It is well known that activated carbon has been found to be very efﬁcient
in removing organic compounds than metals and other inorganic pollutants. Efforts
are ongoing to substantially improve the potential of carbon surface by using different
chemicals or suitable treatment methods [31], which will enable AC to enhance its potential
for the removal of speciﬁc contaminants from the aqueous phase. The use of granular
activated carbons in organic DBP precursors removal has been widely reported. [32]
However, the inﬂuence of carbon surface tailoring on Br removal has not been extensively
investigated, and very few studies have explored Br removal by the tailored AC surface at
practical adsorbent doses [33], along with the control of brominated DBPs in natural waters.
In this sense, activated carbon treatments with silver ions deposited on their surface have been used for selective adsorption of Br− , I− , and Cl− anions, although their
adsorption efﬁciency is not very important due to the dissolution of silver during the
process [34,35]. The use of granular activated carbon (GAC) adsorption is beneﬁcial from a
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standpoint of controlling disinfection by-product (DBP) formation and associated toxicity
in water impacted by bromide and iodide. GAC has been used as an effective material to control DBP formation on a large range of bromide (20–1000 μg L−1 ) and iodide
(<5–100 μg L−1 ) concentrations [36]. There are many reports in the literature on the use
of carbon adsorbents for the removal of metals and metal compounds, but generally not
for low μg L−1 levels [34,35,37], which is mainly a consequence of its hydrophobic nature.
Moreover, composite materials based on activated carbons have been used in the removal
of inorganic compounds in water [18,19,38].
More particularly, remediation of metallic ions in concentrations in the range of
parts per million (mg L−1 ) using activated carbon as the adsorbent has proved to be
feasible [39–41]. Interestingly, under certain conditions, the effectiveness of activated
carbons can be signiﬁcantly improved by the application of an electric ﬁeld during the adsorption/desorption process (electrosorption/electrodesorption), which may enhance their
capacity [42,43]. In those cases, the application of a controlled electric potential to the adsorbent can enhance adsorption by enabling the formation of an electric double layer in the surface of the activated carbon in contact with the solution. This phenomenon shares the same
fundamentals as the energy storage in supercapacitors [44] and the capacitive deionization
for water puriﬁcation [42,45], and it is only possible in porous materials with adequate pore
size distribution and acceptable conductivity, such as activated carbons. However, most of
the electroadsorption studies have been done for organic compounds [43,46,47], although
it has also been used in the elimination of inorganic salts in water [48,49]; however, this
electroadsorption methodology has not been used for the elimination of bromide in water
in a low concentration level of μg L−1 . The electroadsorption process, under appropriate
conditions, may be effective for the removal of a low concentration of pollutants, and in
addition, it is a non-destructive procedure.
This research studies the removal of Br− ion and total bromine in water by electroadsorption and the combination of this process with an electrochemical treatment under
anodic conditions using an activated carbon ﬁlter in an electrochemical cell, thus suppressing the possible formation of these brominated compounds. In this sense, the main
objective of this work is to study the reduction in the concentration of bromide and total
bromine in a solution that allows, in subsequent investigations, it to develop/optimize a
procedure for the elimination of bromide to comply with current regulations.
2. Materials and Methods
2.1. Characterization of Granular Activated Carbon
In this study, the activated carbon used was a Granular Activated Carbon (GAC), available from Waterlink Suctliffe Carbons (Lancashire, UK). It is a high porosity material whose
adsorption was characterized using the Autosorb-6 equipment (Quantachrome, Boynton
Beach, FL, USA). For this, the adsorption-desorption analyses of N2 were performed at
a temperature of −196 ◦ C and CO2 adsorption at a temperature of 0 ◦ C. Previously, the
sample was degassed under a vacuum for 4 h at a temperature of 250 ◦ C. To determine the
apparent surface area SBET , the BET equation was applied to the adsorption isotherm of N2
under the relative pressures region between 0.05 and 0.20. Similarly, for the determination
of the total volume of micropores, the Dubinin Radushkevich equation (DR) was applied
on the adsorption isotherm of N2 in the range of relative pressures between 0.005 and
0.10. Regarding the narrow volume of micropores, it was determined by means of the CO2
adsorption isotherm [50]. Table 1 shows the textural properties of the GAC.
Table 1. Characterization of the porosity of Activated Carbon PQ-0602-04.
SBET (m2 /g)

VN2 (cm3 /g)

VCO2 (cm3 /g)

865

0.36

0.25
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Granular activated carbon was thoroughly washed using distilled water, ﬁltered and
dried at 110 ◦ C in order to clean its internal surface before its characterization and further
use as bromide adsorbent.
2.2. Water Characterization, Bromide and Total Bromine Determination
The drinking water used in this study is a real sample that came from the Alicante
seawater desalination plant (Alicante, Spain). The bromide concentration (Br− ) was
345 μg L−1 , and this concentration was analyzed by ion chromatography. The Br− and total
bromine (Br) concentrations during the different experiments were measured using inductively coupled plasma-mass spectrometry (ICP-MS) with Perkin-Elmer 4300 DV equipment
(Waltham, MA, USA). For the ICP-MS measurements, each sample was dissolved in 0.5 M
HNO3 , followed by ﬁltration using a nylon membrane ﬁlter (pore diameter ~350 nm). The
total bromine concentration includes all Br-containing species present in the water.
The water characterization is detailed in the following table (Table 2).
Table 2. Water characterization.
Parameters

Value

Units

Bromine
Total Organic Carbon
Conductivity (20 ◦ C)
pH
Bromate
Bromide

470
<0.5
562
8.6
25
345

μg L−1
mg L−1
μS cm−1
U. pH
μg L−1
μg L−1

2.3. Electrochemical Filter-Press Cell
In this study, the ﬁlter press electrochemical cell for the electroadsorption of bromide
has been developed. The electrochemical cell has been modiﬁed in order to put it in
contact with the contaminated water with a wider activated carbon bed [51]. During the
experiment, the water was circulated by means of a centrifugal pump between the anode
and the cathode and passing through the activated carbon that is found as a bed. In this
way, information can be obtained on the adsorption kinetics in this batch reactor, as well
as the amount adsorbed at the equilibrium. This last data is very important to know the
possible improvement in the adsorption capacity of the activated carbon as a consequence
of the applied potential. Figure 1 shows a diagram of the electrochemical cell and the
device used for the electroadsorption process.

Figure 1. Schematic diagram of the electroadsorption experiments in which the electrochemical
chemical cell together with the current source, water tank and impulsion pump are included.
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It is divided into two compartments that are herein referred to as the anolyte and
catholyte, and each one being composed by (i) a ﬂow distributor with one nozzle that can be
used as a water inlet or outlet, (ii) a mesh for keeping the activated carbon particles and the
electrode pressed altogether, (iii) a joint that provides volume for allocating the activated
carbon particles, and (iv) an electrode. The compartments are tightly connected together
by means of (v) two screwed stainless steel plates, with (vi) a ﬁnal joint being displayed
between anode and cathode. In this work, the electrochemical ﬁlter-press cell was disposed
horizontally without compartment separation (i.e., no selective ionic membrane was used
between the compartments). The cell has a plane electrode area of 20 cm2 . The width
of each compartment is 0.9 cm, resulting in a volume of 18 cm3 . The external DC Power
supply was Blausonic FA-325 (Promax Test & Measurement, Barcelona, Spain), 30 V, and
2.5 A.
2.4. Operational Conditions
In this study, the following operational conditions were carried out with 4 g of the
washed GAC placed near the cathode or near the anode for the cathodic or anodic electroadsorptions, respectively, and contacted with 400 mL of water [52]. While the contact between
the GAC particles and the electrode was slightly loose, in previous research it was proved
that, for a conﬁguration similar to that used in this study, a polarization of carbon particles
is achieved [53]. The adsorption experiments were initiated when real Br-containing water
started circulating inside the electrochemical cell for 24 h in the absence of current, which
was enough time to ensure the adsorption equilibrium (around 250 μg L−1 ). In order to
analyze the effect of the voltage, different values have been used in different experiments,
with new water, during 24 h in order to reach the equilibrium conditions at each voltage.
Anodic cathodic conditions in other experiments, after the adsorption in the absence of
voltage, at three different voltages, 2.0, 3.0, and 4.0 V, were sequentially applied. Each
voltage step was imposed for 24 h before proceeding to the next electroadsorption stage
in order to reach the equilibrium conditions. In this case, no additional water is used for
electroadsorption in order to achieve the simplest possible bromide removal treatment. In
order to analyze the reversibility of Br− removal in the electroadsorption experiments, one
last step was carried out in the absence of voltage during 24 h. The analysis of the bromide
and bromine were determined, as exposed above, and 1 mL of solution was periodically
taken from the electrochemical cell.
3. Results
The selection of this material, GAC, and the real natural water sample used will allow
us to demonstrate the validity of this method at conditions very close to those available
in a real water treatment plant. The most relevant surface properties of the GAC were
assessed by N2 and CO2 adsorption–desorption isotherms. In this sense, the micropore
volume obtained from CO2 adsorption, compared to the N2 one, indicates that most of
the microporosity has a size of about 0.5 nm (the micropore volumes from N2 and CO2
adsorptions are similar (see Table 1) [50]. Thus, from the point of view of textural properties,
it can be concluded that the selected GAC has a well-developed porous texture, which
makes it a good choice for water treatment.
3.1. Effect of Voltage in the Anodic Electroadsorption
In order to initially identify the amount adsorbed by the activated carbon in the
absence of voltage, and thus check if the presence of electric ﬁeld produces an increase in
the amount adsorbed, the water (400 mL) was put in contact in the ﬁlter-press cell with
activated carbon (4 g) and allowed to reach the adsorption equilibrium for 24 h Figure 2
shows the variation of the concentration with time; in this ﬁgure, the initial concentration
of bromide and total bromine are also represented.
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Figure 2. Variation of bromide and total bromine concentration in the absence of voltage. Filter press.

It is observed that the concentration of bromide and total bromine decreases as a
consequence of adsorption on activated carbon until reaching an equilibrium concentration
of approximately 250 μg L−1 for the bromide. Figure 2 also shows the presence of two
regions in the adsorption process. In the ﬁrst region, the adsorption is very fast, and it
is mainly due to either mass transfer through the stationary liquid boundary layer that
appears over the external surface of the particle or restricted pore diffusion of the adsorbate
in the wider porosity of the carbon particle. A second region is distinguished after 7 h,
where adsorption is slower due to surface diffusion of adsorbed molecules within narrower
pores. The appearance of two zones on the adsorption graph of an activated carbon is very
characteristic of these materials [54,55].
The initial Br- concentration is 345 μg L−1 , and the equilibrium concentration reached
is 250 μg L−1 . Therefore, the adsorption capacity of the activated carbon in these conditions
is 9.5 μg g−1 , which corresponds to a removal efﬁciency of 29% (Table 3).
Table 3. Bromide concentration at the end of the experiment, % removal and amount adsorbed at the
equilibrium on activated carbon in different electroadsorption experiments at different voltages.
Voltage (V)

[Br-] Final (μg L−1 )

% Removal

q (μg/g)

Open Circuit
2V
3V
4V

244
205
186
202

29
41
46
41

9.5
14.0
15.9
14.4

Figure 3 shows the bromide and total bromine concentration during electroadsorption
when different voltages are applied (2 V, 3 V and 4 V) under anodic conditions. It can
be observed that the concentrations of bromide and total bromine decrease with time
for all voltages used and lower values are reached than those obtained in the absence of
the voltage (0 V in Figure 3). These results indicate that the presence of the electric ﬁeld
increases the amount of bromide and total bromine removal, improving the adsorption
capacity of the activated carbon.

36

Water 2021, 13, 598

Figure 3. Variation of the bromide and total bromine at different voltages (2 V, 3 V and 4 V) under
anodic conditions. The adsorption in the absence of voltage is also included. The dashed line
corresponds to the total bromine and full line to the bromide.

We can also observe that, in the case of 4 V, the bromide and total bromine concentrations decrease signiﬁcantly and with a much higher rate than in the absence of potential,
achieving a reduction of the bromide concentration by 29% after 0.5 h of contact with the
activated carbon. In the absence of voltage, the reduction in concentration after 0.5 h is
14 %. The bromide concentration after equilibrium is 200 μg L−1 , which corresponds to
an adsorption capacity of the activated carbon of 14.5 μg g−1 and to a reduction of the
bromide concentration of 42%.
At high potentials, bromide ions can be oxidized to Br2 according to Equation (1), and
the decrease in concentration observed at high potentials (3 V or 4 V) may be due to the
electrochemical transformation of bromide to bromine. At these voltages, values higher
than the standard potential of this reaction are reached in the anode, making the oxidation
of bromide possible. It should be noted that the adsorption of Br2 on activated carbon is a
very favorable process, unlike the anion.
Br2 + 2e− → 2 Br− E0 = 1.08V/ENH

(1)

To verify this result, a pure electrochemical treatment experiment in the absence of
activated carbon in the electrochemical cell was carried out by applying a voltage of 3 V,
and the result is shown in Figure 4. This voltage is selected in order to avoid the formation
of bubbles on the electrode.
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Figure 4. Variation of bromide concentration in an experiment in the absence of activated carbon at
3 V.

It can be observed, in Figure 4, that the bromide concentration decreases continuously
over time, indicating that it is oxidized on the electrode, thus decreasing its concentration
in the solution; however, the total bromine after an initial decrease, probably due to some
volatilization, remains constant with time, indicating the conversion of bromide into Br2
according to Equation (1). This oxidation reaction, once the constant value of bromine is
reached, is not producing a change in the total bromine in solution, but an interconversion
of one species into another.
Tables 3 and 4 compare the ﬁnal bromide and ﬁnal total bromine concentration
values obtained in the adsorption and electroadsorption experiments after 24 h at different
voltages. The tables also include the percentages of bromide removal and total bromine
removal (with respect to the initial concentration). In addition, the amount adsorbed by
the activated carbon of both bromide and total bromine is shown.
Table 4. Total bromine concentration at the end of the experiment, % removal and amount adsorbed
at equilibrium on activated carbon in different electroadsorption experiments.
Voltage (V)

[Br] Final (μg L−1 )

% Removal

q (μg/g)

Open Circuit
2V
3V
4V

255
248
252
198

46
47
46
58

20.0
20.7
20.3
25.7

We can see that the bromide concentration decreases in the absence of potential by
29% [33] and we managed to increase the percentage of elimination by 41% and 46% in the
presence of the electric ﬁeld, which is 12% and 17% more than just in a process of adsorption
(open circuit conditions). However, the value of total bromine content in adsorption and
electroadsorption is similar (Table 4) to the applied voltage up to 3 V.
However, when the voltage increases to values where the electrode potential reaches
the oxidation of bromide to bromine (4 V), the percentage of total bromine removal increases, which indicates that the adsorption of bromine is more favorable on the activated
carbon increasing the adsorption capacity. However, at this voltage, the formation of
gas on the electrode surface is clearly observed, mainly due to water oxidation. Then, in
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order to avoid the formation of bubbling on the electrode, the effect of polarity on the
electroadsorption, a voltage of 3 V has been selected.
Energy Consumption of Electrochemical Removal of Bromide
The Energy Consumption (EC) per unit volume of treated water was calculated
according to Equation (2):
EC(kWh L−1 ) = (U·I·t)/(V·1000)

(2)

where U is the voltage of the electrochemical cell (V), I is the average current (A), t is the
treatment time (h) and V is the volume of treated water (L).
Then, the EC during the removal of bromide in this laboratory scale is between 1 and
2 kWh L−1 .
3.2. Effect of the Polarity of the Electrode (Anodic Electroadsorption and Cathodic Electroadsorption)
In order to study the effect of the polarity of the electroadsorption experiments, the
comparison between the performance of an anodic electroadsorption (the activated carbon
is located in the anode compartment in which the activated carbon is subjected to a positive
polarity) and the cathodic electroadsorption (the activated carbon is located in the cathode
compartment, in which the activated carbon is subjected to a negative polarity) has been
done. In these experiments, the following consecutive steps have been done: (i) adsorption
at open circuit conditions during 24 h, (ii) application a voltage of 3 V during 24 h and
(iii) again open circuit potential during 24 h in order to analyze the reversibility of the
electroadsorption step.
Figure 5 shows the evolution of the bromide concentration during these experiments
at cathodic and anodic conditions during the second step. It can be observed that, after
the adsorption at the open circuit potential (step 1 in Figure 5), the amount of bromide is
similar in both cases; however, after the electroadsorption, the anodic treatment produces
a higher decrease in the concentration of bromide that, in the case of cathodic electroadsorption (step 2 in Figure 5). These results can be as a consequence of two processes:
the electroadsorption of the bromide that is favored at a positive polarization of the active
carbon and the oxidation of bromide on the anode according to Equation (1). Moreover,
after the electroadsorption step, if the system is again put at open circuit conditions, no
desorption of the bromide is produced in both polarities, indicating the irreversibility of
the electroadsorption processes.
It can be also seen that, after the anodic electroadsorption treatment (24 h of treatment
at 3 V), in the following adsorption process at open circuit potential (step 3 in Figure 5),
a new decrease in the bromide concentration is observed. These results seem to indicate
that the bromide has been oxidized in anodic conditions to Br2 and a new adsorption
equilibrium of bromide is again reached as a consequence of the different concentration of
bromide in solution.
3.3. Adsorption after an Electrochemical Oxidation Process: Two-Stages Electroadsorption
In order to improve the bromide removal, the following experiment in two stages was
designed: in the ﬁrst, an electrochemical treatment during 24 h takes place in the absence
of activated carbon (electrolysis stage). During this stage, the bromide is oxidized to Br2 ,
which can be easily adsorbed on the activated carbon. Then, after this electrochemical
oxidation stage, the water is passed to another electrochemical cell in which a second
adsorption stage during 24 h in the presence of activated carbon is done, but in the
absence of potential (adsorption stage). The water is continuously circulated between both
electrochemical cells and the concentration is taken over time. Figure 6 shows a scheme of
the electrochemical device used.
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Figure 5. Bromide concentration during three steps experiment, the second corresponds to anodic and cathodic electroadsorption experiments for 24 h at 3 V. 3 V is applied for 24 h in the second step and then it is left at open circuit again for
24 h.

Figure 6. Scheme of the two electroadsorption stages.

The data obtained after the total treatment are shown in Table 5. We can see that the
concentration of bromide reaches a value similar to that obtained in the pure electroadsorption experiment in the same conditions of voltage (Table 3); however, the total bromine falls
below 200 μg L−1 and the percentage of elimination of this total bromine increases with
respect to that obtained in an electroadsorption process (Table 4). Then, using two stages in
comparison to only the electroadsorption stage, it is possible to reduce both concentrations,
bromide and total bromine, from the water.
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Table 5. Bromide concentration, bromine and percent removal and amount adsorbed by activated
carbon in a two-stage experiment at the end of the treatment.
[Br-] Final (μg L−1 )

% Removal

185

46

16.0

[Br] Final(μg L−1 )

% Removal

q (μg/g)

194

59

25.8

2 Stages

2 Stages

q (μg/g)

4. Conclusions
It can be concluded that the electroadsorption process is effective against the elimination of bromide and total bromine in water with a content of 345 μg L−1 and 470 μg L−1 ,
respectively, reaching elimination values of around 46 % in a single-stage electroadsorption
process in both bromide and total bromine. It has been studied that the better conditions for
removal of bromide in water with a concentration is the application of the electric ﬁeld to
the activated carbon that produces a positive polarization (anodic electroadsorption). This
treatment increases the adsorption capacity of the activated carbon signiﬁcantly, achieving
a reduction of bromide of up to 220 μg L−1 after 1 h of contact with water. The removal
percentage of bromide increases from 29% in the absence of voltage (adsorption) to 46% at
3 V (electroadsorption). When the process is carried out in two stages in which a previous
electrochemical oxidation to the adsorption stage is introduced, similar values of removal
of bromide are achieved. In this previous electrochemical oxidation stage, the oxidation
of bromide to Br2 , which is easily adsorbed on the activated carbon, is produced, and the
total bromine content of the water is reduced by 59% in the two stages of the experiment,
with this value signiﬁcantly increased from 46% in a single electroadsorption step at 3 V.
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Abstract: The backwash expansion rates and headloss evolution of single- and dual-media granular
ﬁlters of Filtralite® expanded aluminosilicate clay were compared with ﬁne and coarser sand, as well
as anthracite. Filtralite is manufactured in Norway, Årnesvegen 1, N-2009 Nordby. Abbreviations
used for Filtralite is; N = Normal density, H = High density, C = Crushed. Each material had diﬀerent
particle densities and grain size distributions. The scope of the investigation was narrow: a clean-bed
test was executed once for each parameter on single samples. As temperature aﬀects the viscosity of
water, tests were carried out within two temperature ranges (13–17 ◦ C and 21–26 ◦ C), and the eﬀect
on the ﬂuidization of the materials was observed. The trial established that although the three types
of materials have diﬀerent physical properties, the expansion behaviors generally correlate with the
grain sizes and particle densities of the media. To reach the expansion target of 15%, sand 1.2–2.0 mm
(particle density 2656 kg/m3 ) required a ﬂow rate of 67 m/h, Filtralite HC 0.8–1.6 (1742 kg/m3 ) required
34 m/h, and anthracite 0.8–1.6 mm (1355 kg/m3 ) required 15 m/h. The headloss peaks that indicate
ﬂuidization were found to correspond with the onset of expansion with increasing ﬂow rate. This was
for the example observed by ﬂuidization of 0.4–0.6 mm sand (particle density 2698 kg/m3 ) at 0.94 m/m,
ﬂuidization of Filtralite HC 0.5–1 (1873 kg/m3 ) at 0.46 m/m and anthracite 0.8–1.6 mm (1355 kg/m3 ) at
0.21 m/m. Tests of dual-media ﬁlters of two types of Filtralite, i.e., Mono Multi and Mono Multi Fine,
were also included. The backwash column used for the experiment consisted of extruded acrylic
pipes with digital pressure sensors, an electronic ﬂowmeter, a stepless pump and a water cycling
system. A laminar water ﬂow was provided by a mesh and a diﬀusor ﬁxed above a single nozzle.
No air was used. The trial was comparative, and its purpose was to shed light on the required water
ﬂow rates needed to fully expand diﬀerent materials, and hence indicate requirements for performing
proper ﬁlter backwashes.
Keywords: expanded clay; Filtralite; Mono Multi; sand; anthracite; granular ﬁlter media; backwash;
headloss; clean-bed expansion; bed ﬂuidization; water treatment

1. Introduction
Granular ﬁltration is a traditional water treatment step, and sand and anthracite are classical
media, but alternative products are also used. For example, Filtralite, an expanded aluminosilicate
clay, has been in use worldwide for more than 30 years [1].
Filtralite is made by the high temperature treatment (~1200 ◦ C) of certain raw clays, and this
results in strong and porous grains. This process allows control over physical properties, such as size
and density. The ﬁlters can be further tailored by the crushing and sieving of the expanded grains into
deﬁned fractions. The crushing of the grains opens up the macroporous structure of the expanded clay,
aﬀects the sphericity-factor, and exposes a speciﬁc surface area (SSA) of up to 23 m2 /g [2].
Water 2020, 12, 2790; doi:10.3390/w12102790
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The large speciﬁc surface of Filtralite available for bioﬁlm growth makes it an ideal carrier in
biological treatment processes [3]. Testing of Filtralite NC 0.8–1.6 (through standard EN 1097–6,
Annex E) shows a porosity of 62%, which is higher than sand or anthracite and provides extra storage
capacity for suspended solids, which results in slower pressure build-ups during operations [4].
This trait makes Filtralite usable for direct ﬁltration and coagulated water ﬁltration processes [5].
When comparing ﬁlter run-times to reach terminal headloss, it has been found that expanded
clays of 1.2 mm size can operate 2.3 times longer than anthracite, while expanded clays of 1.0 mm
size or GAC (Granular Activated Carbon) can achieve 1.5 times longer ﬁlter run times than anthracite.
When considering headloss development, the use of expanded clays such as Filtralite can extend
overall ﬁlter runs two- to four-fold when compared with anthracite [6].
In relation to the durability of the materials, Phillip D. Davies analyzed results from diﬀerent
attrition tests, demonstrating that Filtralite material presents a volume loss 4.25 times lower than sand,
3 times lower than limestone and 5.5 times lower than slate [7].
By using expanded clays, increased production stability and longer production cycles could
translate into potential savings in terms of lower energy and water requirements with respect to
ﬁlter operations [8]. For each treatment plant, the backwashing processes has to be understood
independently before applying a new ﬁlter. The data from clean-bed backwashing with novel materials
such as Filtralite should be available as performance indicators prior to full-scale testing. The objectives
of this trial were to show how grain size and particle densities can aﬀect the expansion and headloss
regimes for clean-bed granular ﬁlter materials of sand, anthracite and expanded clay, as well as to
observe the eﬀect on viscosity of temperature variations.
This study was initiated to provide research for operators that assesses the requirements for
proper backwashes to achieve correct ﬁlter cleaning, avoid ﬁlter media losses and optimize energy use.
2. Materials and Methods
2.1. Materials
A selection of Filtralite, sand and anthracite with various densities and grain sizes was made.
The characteristics are given in Table 1.
Table 1. The ﬁlter materials, their size ranges and density.
Fraction 1 (mm)

Particle Density 2 (kg/m3 )

Bulk Density 2 , (kg/m3 ) Compressed

0.4–1.0
0.8–1.6
0.8–1.6
1.5–2.5

1874
1742
1250
1042

779
712
422
424

Filtralite Pure
Mono Multi

50% NC 1.5–2.5
50% HC 0.8–1.6

n/a

n/a

Filtralite Pure
Mono Multi Fine

50% NC 0.8–1.6
50% HC 0.5–1

n/a

n/a

0.4–0.6
1.2–2.0
0.8–1.6 3

2698
2656
1355

1554
1508
698

Filter Product
Filtralite Pure HC 0.5–1
Filtralite Pure HC 0.8–1.6
Filtralite Pure NC 0.8–1.6
Filtralite Pure NC 1.5–2.5

Filter-sand 1
Filter-sand 2
Anthracite
1

As stated by manufacturer [1], 2 single sample measured in lab, 3 7% undersized material.

For Filtralite, the particle densities range from 1050 kg/m3 to 1800 kg/m3 , and Filtralite can
consequently be used in both single- and dual-media set-ups [9]. For sand and anthracite, the densities
vary, but are respectively around 2600 kg/m3 and 1400 kg/m3 . The typical eﬀective sizes are for sand
0.3–0.7 mm and are for anthracite 0.7–1.7 mm [10]. This was the basis for the selection of sand grain
size, which were accordingly Rådasand 0.4–0.6 mm and anthracite 0.8–1.6 mm. In order to compare
sand to Filtralite 1.5–2.5, the Rådasand 1.2–2 mm was chosen.
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Mono Multi and Mono Multi Fine are composed of 50–50 mixtures of normal and high-density
Filtralite that constitutes a dual-media ﬁlter that can be used as an alternative to anthracite–sand
dual-ﬁlters [11]. Alternatively, replacing anthracite, Filtralite can act in combination with sand in a
dual-media ﬁlter set-up [12].
Filtralite appears as brown–grey, crushed grains with a sharp geometry and an open, porous
internal structure. The anthracite was silvery grey, with a similar grain size distribution to that of the
Filtralite 0.8–1.6. “Rådasand” is quartz ﬁlter-sand. Figure 1a–d show photos of selected materials.

(a)

(b)

(c)

(d)

Figure 1. (a) Filtralite Pure HC 0.5–1, (b) Filtralite Pure NC 1.5–2.5, (c) anthracite 0.8–1.6 mm, (d) sand
1.2–2.0 mm “Rådasand”.

2.2. Methods
British Water test standard BW:P.18.93 First revision was the main guideline when carrying out
the bed expansion experiments [13]. Apparent particle densities were measured by standard EN
1097-6, Annex E. Eﬀective size D10 was measured by standard EN 12905. As described and illustrated
in Figure 2, a transparent ﬁlter-column was constructed.
A bottom nozzle was covered with a mesh ﬂoor and a diﬀuser to prevent jetting. Outlets for
pressure sensors (manometers) were connected to the tubing. The bottom pressure sensor outlet was
placed just above the mesh, i.e., at the bottom of the ﬁlter media. The top measuring manometer
was above the material bed and remained above the ﬂuidized material during the measurements.
The internal column diameter was 150 mm. Prior to the tests, all materials were submerged in water
for 2 weeks to be completely saturated. There were no ﬂoating grains.
Tap-water at two diﬀerent temperatures was used for the tests; nominally room-temperature
water and cold, fresh tap water. Temperatures were registered by a thermocouple in the inlet water
chamber. Since the setup lacked precise temperature control, data were grouped in the following
ranges: (1) 13–17 ◦ C and (2) 21–26 ◦ C, see Tables 2 and 3. The ﬁlters were too loosely packed after
initial gravitational settling, so all samples were completely compacted by knocking on the column
until the material could not be further compacted. This was done to ensure consistent initial states,
and the procedure is explained in a test method for ﬁlter materials [14]. Filtralite compacts very readily
using this method. The depth of all ﬁlter materials in the compacted state was about 500 mm. Figure 3
below shows photos of the ﬁlter column.
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Figure 2. Principal illustration of the ﬁlter column and the placement of sensors for measuring the
water pressures for the headloss calculations.
Table 2. Sizes and densities compared with constant 15% expansion ﬂow rate.
Filter-Product

Particle Density
(kg/m3 )

Eﬀective Size,
D10

15% Expansion Flow
Rate (m/h), 13–17 ◦ C

15% Expansion Flow
Rate (m/h), 21–26 ◦ C

1874
1742
1250
1042
n/a
n/a
2698
2656
1355

0.5 1
0.9 1
0.8 1
1.4 1
n/a
n/a
0.3
1.2
0.8 2

14
34
22
38
38
18
22
67
15

20
41
25
42
43
27
24
73
17

HC 0.5–1
HC 0.8–1.6
NC 0.8–1.6
NC 1.5–2.5
Mono Multi
Mono Multi Fine
Filter-sand 0.4–0.6
Filter-sand 1.2–2.0
Anthracite 0.8–1.6
1

As stated by manufacturer, 2 7% undersized grains for anthracite.

Table 3. Size ranges and densities compared with ﬁlter headloss peaks.
Filter-Product

Particle Density
(kg/m3 )

Eﬀective Size,
D10

Headloss (m/m) at
Fluidization Peak,
13–17 ◦ C

Headloss (m/m) at
Fluidization Peak,
21–26 ◦ C

HC 0.5–1
HC 0.8–1.6
NC 0.8–1.6
NC 1.5–2.5
Mono Multi
Mono Multi Fine
Filter-sand 0.4–0.6
Filter-sand 1.2–2.0
Anthracite 0.8–1.6

1874
1742
1250
1042
n/a
n/a
2698
2656
1355

0.5 1
0.9 1
0.8 1
1.4 1
n/a
n/a
0.3
1.2
0.8 2

0.46
0.49
0.24
0.25
0.40
0.42
0.94
0.98
0.21

0.44
0.46
0.26
0.30
0.39
0.48
1.00
0.95
0.21

1

As stated by the manufacturer, 2 7% undersized grains for anthracite.

No sediments or coagulants were added, as the purpose was to investigate clean-bed expansion at
diﬀerent temperatures. Air was not used. All tests were ﬁrstly carried out with increasing water ﬂow,
starting at 0 m/h and ramping up with 5–15 m/h steps (dependent on media type) until the ﬂow rate
needed to obtain an expanded bed depth of 1.5 times the initial height (HC ) was reached. After full
ﬂuidization, the process was repeated, but with decreasing the rate until the surface of the materials
had ceased to move. Manometer levels (h1 and h2 ) and bed height (H) were recorded for each ﬂow rate.
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(a)

(b)

Figure 3. Photos of the ﬁlter column: (a) The sensor positions. During the tests, only the second sensor
from the bottom and the top sensor were used; (b) Filtralite at about 20% ﬂuidization during backwash.

The headloss gradient value required was the diﬀerence between the levels of the digital
manometers divided by the initial (compacted) depth of the ﬁlter bed (HC ). In a basic form, headloss
can be expressed as meter headloss per meter bed depth (m/m). The headloss increased with the ﬂow
rate up to the minimum ﬂuidization ﬂow rate (Vmf ), where a maximum headloss (ﬂuidization headloss
plate) was reached. Headloss gradient (m/m), m headloss per m bed depth:

(h2 − h1 )
= m/m
H

(1)

The expansion (%) of the ﬁlter bed is calculated as the percentage increase in depth over the
compacted depth (HC ):
(H − Hc )
× 100% = %expansion
(2)
Hc
During backwash, friction forces act on the grains and expand the media. The state of ﬂuidization
is reached when the friction drag or the pressure drop across the ﬁlter bed is just enough to support
the weight of the media [15].
Figure 4 shows a graphical illustration of the generalized expected results for headloss and
expansion as a function of water ﬂow rate (m/h). The minimum ﬂuidization rate and ﬂuidization
headloss plate should be later recognized, as shown in this theoretical model [16].

Figure 4. Illustration showing the expected theoretical expansion and headloss behavior for increasing
water ﬂow. The evolution of headloss is dependent on the point of minimum water ﬂuidization rate
and expansion.
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3. Results
The results are presented in Figures 5–13. The plots represent the volume expansion (%) of the relative
height difference. At 15–20% expansion, all media are in a fluidized state and scouring should be in
effect [17]. The expansion target was set to be 15%, and the corresponding flow rates were recorded along
with peak headlosses at partial fluidization. A 15% expansion is a typical target, as this rate usually signifies
the transition from partial to full fluidization. Sphericity effects were not considered.

Figure 5. (a) Expansion vs. water ﬂow rate for Filtralite HC 0.5–1; (b) headloss vs. water ﬂow rate.
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Figure 6. (a) Expansion vs. water ﬂow rate for Filtralite HC 0.8–1.6; (b) headloss vs. water ﬂow rate.

Due to time limitations, only one test per batch of material was executed, and consequently
deviations could not be recorded, although tests were performed prior to the trial to establish consistent
repeatability. As recommended by standards [13,14], the measurements were done with increasing
ﬂow and decreasing ﬂow rate. For simplicity, decreasing ﬂow plots were omitted, as they did not
signiﬁcantly diﬀer from the increasing ﬂows plots.
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Figure 7. (a) Expansion vs. water ﬂow rate for Filtralite NC 0.8–1.6; (b) headloss vs. water ﬂow rate.
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Figure 8. (a) Expansion vs. water ﬂow rate for Filtralite NC 1.5–2.5; (b) headloss vs. water ﬂow rate.

Figure 9. (a) Expansion vs. water ﬂow rate for Filtralite Mono Multi; 50% NC 1.5–2.5 and 50% HC
0.8–1.6; (b) headloss vs. water ﬂow rate.
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Figure 10. (a) Expansion vs. water ﬂow rate for Filtralite Mono Multi Fine; 50% NC 0.8–1.6 and 50%
HC 0.5–1; (b) headloss vs. water ﬂow rate.
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Figure 11. (a) Expansion vs. water ﬂow rate for 0.4–0.6 mm ﬁlter-sand (Rådasand); (b) headloss vs.
water ﬂow rate.
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Figure 12. (a) Expansion vs. water ﬂow rate for 1.2–2.0 mm ﬁlter-sand (Rådasand); (b) headloss vs.
water ﬂow rate.
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Figure 13. (a) Expansion vs. water ﬂow rate for anthracite 0.8–1.6 mm; (b) headloss vs. water ﬂow rate.

4. Discussion
Selected backwashing properties of common granular ﬁlter media were analyzed according to
standardized tests [13,14].
Firstly, the purpose of the experiments was to compare ﬁlter materials with diﬀerent physical
properties, and secondly, to indicate the dependence of backwash expansion on water temperature.
Raw water may seasonally vary above and below 20 ◦ C, hence temperature conditions are highly
relevant to treatment plants that need to adapt water production to viscosity.
The overall results suggest that both ﬁlter density and media size can be adjusted to suit backwash
regimes and operational limitations for a unique treatment train. Increasing grain size and porosity
will act towards maintaining hydraulic permeability, and the ﬁlters will resist high pressure drops
during backwashes, especially when compacted. Furthermore, the ﬁner grained materials expand
more readily as a result of the induced pressure, i.e., headloss, acting on the grains during backwash.
Listed in Table 2 are the corresponding ﬂow rates necessary for 15% expansion in the two
temperature ranges. Partial ﬂuidization is suﬃcient to cause the rubbing of grains, whilst avoiding full
ﬂuidization, as full ﬂuidization provides negligible rubbing and may cause ﬁlter wash-out [17].
A key consideration is media particle grain size distribution and size range. Comparisons of
eﬀective sizes and ﬂuidization headlosses at diﬀerent temperatures are summarized in Table 3.
In the dissertation of T. Saltnes (2002), a linear increase in headloss with an increasing ﬂow rate
before ﬂuidization, as well as a constant headloss pattern after bed expansion, are seen [4]. Saltnes
observed that the ﬂuidization of anthracite–sand starts at about 12 m/h, and at about 28 m/h for the
Filtralite ﬁlter, a result that correlates fairly well with the current study.
For further reference, Table 4 provides a list of backwashing requirements from an extensive case
study on granular ﬁltration media, with regards to biological aerated ﬁlters (BAF) [18].
Table 4. Summary of biologically active ﬁlter (BAF) backwashing requirements.

Upﬂow, sunken media
Normal BW
Energetic BW
Downﬂow, sunken media

Backwash Rate (m/h)

Air Scour Rate (m/h)

Total Duration (min)

20
30
15

97
97
90

50
25
20–50

The ﬁnal backwashing requirements and duration are often developed via cooperation between
designer and user. For example, the backwash sequence for an upﬂow sunken media BAF can include
drain down, air scour, air and water scour (and may also include cycling between air only and air/water
scour), water-only rinse, and a ﬁlter-to-waste step when the ﬁlter bed is placed back in operation,
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and the whole process is adjusted during long-term operation [18]. It follows that backwash rates are
highly dependent on the conﬁguration of a treatment train and the ﬁlter-bed hardware, and must
be considered when assessing plant-speciﬁc data on the performance of a new material or a speciﬁc
ﬁltering process for a full-scale pilot test.
Possible continuations of this study could be abrasion, settling rates, turbidity performance
and ﬁlter run-times for ripening and breakthrough, as well theoretical calculations for examining
further dependencies.
5. Conclusions
It was established that diﬀerences in ﬂuidization rates could be attributed to density and grain
sizes, as also seen in earlier research [7].
For the two established temperature ranges (13–17 ◦ C and 21–26 ◦ C), the temperature dependency
of water viscosity could be observed, as all expansion rates were higher at the lower temperatures.
A clear temperature dependency of headloss at the ﬂuidization plate was not demonstrated, as
the ﬂuidization headlosses were not consistently suppressed at higher temperatures, and vice a versa.
To illustrate the dependencies, the following conclusions refer to the temperature range 13–17 ◦ C.
The corresponding ﬂow rates for achieving the expansion target (15%) increased with particle
density. This was seen when comparing sand 1.2–2.0 mm (2656 kg/m3 ) with a 67 m/h ﬂow rate,
HC 0.8–1.6 (1742 kg/m3 ) with a 34 m/h ﬂow rate, and anthracite 0.8–1.6 mm (1355 kg/m3 ) with a 15 m/h
ﬂow rate.
Anthracite 0.8–1.6 had lower headloss and expansion rate (respectively, 15 m/h and 0.21 m/m vs.
22 m/h and 0.24 m/m for the slightly lower particle density of 1250 kg/m3 for NC 0.8–1.6). This conﬂicts
with the hypothesis, and the eﬀect may be due to the high amount of undersized grains (7%) in the
anthracite, over-packing in the column, or an unaccounted-for characteristic of anthracite.
Sand 1.2–2 (2656 kg/m3 ), with its higher particle density compared with the less dense NC
1.5–2.5 (1042 kg/m3 ), required a higher ﬂow rate to achieve the expansion target—respectively 67 m/h
and 38 m/h. This supports the conclusion that increasing particle density requires increasing the
corresponding ﬂow rate to reach the expansion target.
The ﬁne sand 0.4–0.6 had an early expansion at 22 m/h, but at the cost of high headloss (0.94 m/m)
due to its narrow grain size distribution. As HC 0.5–1 (1874 kg/m3 ) and sand 0.4–0.6 (2698 kg/m3 ) both
have comparatively early expansion regimes, respectively 14 m/h and 22 m/h. Between the materials,
the main diﬀerence was the headloss plate, as the sands 0.4–0.6 vs. HC 0.5–1 diﬀered in performance
by 0.46 m/m and 0.94 m/m, respectively. Thus, it can be concluded that lower ﬂuidization headlosses
can be attributed to particle density as well [19].
The expansion regimes of the Filtralite dual-layer combinations Mono Multi and Mono
Multi Fine performed as expected when intermediately compared with their single-layer
components—respectively 38 m/h and 18 m/h—and presumably operated with the added beneﬁt of
increased solids capacity [20].
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Abstract: Wastewater reuse presents a promising way to mitigate the risk to global water resources
and achieve sustainability in water, especially in agricultural areas in the southeast of Spain, such as the
Murcia region. However, the risks related to the presence of contaminants of emerging concern (CECs)
or pathogenic microorganisms in wastewater treatment plant (WWTP) eﬄuent suggest the need
to implement eﬀective and relatively low-cost tertiary treatments. With this aim, a self-sustainable
pilot prototype based on three combined modules (disc-ﬁltration, granular activated carbon (GAC)
bed adsorption and UV disinfection) assisted by solar panels was installed as an alternative tertiary
treatment in a conventional WWTP in the Murcia region. The obtained results clearly conﬁrmed the
eﬃciency of the proposed prototype for CECs removal, and showed optimal results at a workﬂow of
500 L/h. In all cases, high removal eﬃciency was obtained for the diﬀerent indicator microorganisms
described in the recently published Regulation (EU) 2020/741 (E. coli, F-speciﬁc coliphages, somatic
coliphages, total coliphages, and Clostridium perfringens). The protection of the activated carbon
by disc-ﬁlters and the energy autonomy and self-operation of the prototype resulted in an eﬃcient
and economically viable methodology for its implementation in both conventional WWTPs and in
isolated areas attached to crops.
Keywords: granular activated carbon; adsorption; autonomous prototype; emerging contaminants;
ﬁltration; reclaimed water; safe agricultural reuse

1. Introduction
Nowadays, the use of reclaimed water is seen as an excellent approach to deal with water scarcity.
Indeed, water reuse is an important feature of water policies in most countries around the world, for
example, it is included in WHO guidelines [1], and it is seen as a fundamental aspect of the concept
of a circular economy [2]. In the European Union, one billion cubic meters of urban wastewater
are reused annually (approximately 2.4% of treated eﬄuents). However, this value is expected to
increase by up to six times due to the development of numerous initiatives regarding water reuse
for irrigation, industrial uses or aquifer recharge [3]. This practice not only promotes the eﬃcient
use of water, but also leads to prosperity from an environmental, human and economic point of
view, and promotes management strategies for the safe discharge of wastewater into the environment
and protection of surface and groundwater [4]. Possible reuse applications include agricultural or
landscape irrigation, groundwater recharge, industrial activities, street cleaning or ecological uses [5,6].
Water 2020, 12, 2240; doi:10.3390/w12082240
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In particular, in semi-arid areas of the Mediterranean basin, where agriculture is the highest consumer
of water (approximately 68% in Spain, 50% in Italy and 80% in Greece), the use of reclaimed water for
agricultural purposes is essential [7–9]. Water reuse also has important economic and environmental
beneﬁts, such as the possibility of nutrient recovery or reduction in fertilizer use [10,11]. However,
the use of reclaimed water in agriculture requires quality control to guarantee satisfactory sanitary
conditions. Therefore, one of the current goals is the development and improvement of technologies
that enable the adequate treatment of wastewater [12] and to achieve the discharge limits established
for agricultural uses according to the current and future legislation. Speciﬁcally, at the European
level, the recently published Regulation (EU) 2020/741 of the European Parliament and of the Council
of 25 May 2020 (https://eur-lex.europa.eu/legal-content/EN/TXT/?uri=uriserv%3AOJ.L_.2020.177.01.
0032.01.ENG&toc=OJ%3AL%3A2020%3A177%3ATOC) on minimum requirements for water reuse
establishes the minimum quality requirements to use reclaimed water for agricultural purposes,
to ensure a high level of protection of the environment and human and animal health, and to promote
the circular economy [13]. The Commission estimates that new regulations could increase water reuse
in agricultural irrigation from 1.7 billion m3 to 6.6 billion m3 per year, thereby reducing water stress
by 5% (EU, 2018 estimations) [14]. However, special attention has recently been given to so-called
“contaminants of emerging concern” (CECs), which are mostly unregulated compounds that may be
candidates for future regulation, depending on research on their potential eﬀects on health and data
that monitors their occurrence. The list of CECs includes a wide variety of products for daily use in both
industrial and domestic applications, such as pharmaceuticals and personal care products (PPCPs),
hormones, surfactants, endocrine disruptors, antiseptics, pesticides and synthetic fragrances [15,16].
One of the main sources of water for potential agricultural reuse comes from municipal wastewater
treatment plants (WWTPs). However, conventional secondary (usually activated sludge processes) and
tertiary (media ﬁltration and disinfection) wastewater treatments are not eﬀective in the removal of
CECs [17–19]. Several authors have studied the removal eﬃciencies of diﬀerent CECs in conventional
WWTP using activated sludge. Behera et al. reported low removal values for carbamazepine (23.1%),
atenolol (64.5%), metoprolol (23%), sulfamethazine (13.1%) and sulfamethoxazole (51.9 %) [20], while
Radjenovic et al. reported low removal values for compounds such as diclofenac (50.1%), indomethacin
(23.4%), mefenamic acid (29.4%), oﬂoxacin (23.8%) and erythromycin (23.8%) [21]. The presence of
CECs in WWTPs eﬄuent due to low removal eﬃciencies is of particular relevance in agricultural
reuse because of the possibility of CECs uptake and accumulation in food crops and consequent
diﬀusion into the food chain. Although some CECs are already among the priority research lines
of the main organizations dedicated to the protection of public and environmental health, such as
WHO and environmental protection agencies such as the Environmental Protection Agency (EPA),
no legal discharge limits are described in the current legislation. However, due to the growing interest
in these substances, some of them, such as diclofenac and erythromycin are included in the European
Union Watch List (Directive, 2013/39/EU, modiﬁed by Decision 2015/495/EU of 20 March 2015 and
updated in Decision 2018/840/EU of 5 June 2018) and discharge limits will probably be included in
future regulations [22–24].
With that in mind, the implementation of tertiary treatments in real WWTPs speciﬁcally designed
for CECs removal will be crucial to eﬃciently obtain safe, high-quality reclaimed water. This will
increase the trust of farmers and the ﬁnal consumers of the products and simplify the proper
management of the water. However, the problems that these compounds may generate in the short or
long term, the lack of speciﬁc legislation obliging WWTPs to use such treatments, along with other
economic problems (investment costs, maintenance, energy consumption, the need for high-complexity
analytics) make it diﬃcult to implement the appropriate treatments in WWTPs. Other factors that may
limit the implementation of speciﬁc technologies in WWTPs include the great diversity of existing
CECs, and the diﬀerent physico-chemical properties that they have.
Recent studies have focused on several treatment processes applied for the removal of CECs such
as advanced biological processes (membrane bioreactors and bio-electrochemical systems) [25,26],
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and advanced oxidation processes (AOPs) [27,28]. The main limitations of these types of technologies
are their high operating costs, speciﬁc infrastructures and high energy consumption. Other alternatives
such as activated carbon adsorption and ozonation are considered as economically feasible options
that can be coupled to WWPTs [29], however, the use of ozone may be associated with the generation
of by-products, which can be hazardous to health if the water is used for agricultural purposes.
In this context, the adsorption of CECs by granular activated carbon (GAC) is a promising
technology due to its removal eﬃciency at relatively low cost [30]. In general, and due to its properties
(such as its high porosity, high surface area and high degree of surface interactions), activated carbon
has a high adsorption capacity for a wide spectrum of CECs [31,32]. In addition, this process has the
advantage of not generating secondary by-products [32,33]. Although the eﬀectiveness of adsorption
processes in CECs removal is well-known, the introduction of tertiary treatments in conventional
WWTPs for the purpose of safe water for agricultural reuse is poorly implemented. This is mainly
due to a lack of knowledge about adsorption mechanisms, the great diversity of CECs present in
wastewater, the large amount of wastewater interference, and lack of knowledge about the design of
systems capable of removing CECs that guarantee the production of CEC-free eﬄuent at relatively
low costs.
The aim of this work was the integration of a self-sustainable pilot plant prototype in a conventional
WWTP for the purpose of safe agricultural reuse. The design focused on the removal of CECs and
microbiological risks by using a combined Filtration-GAC-UV system, in line with current and future
legislation. The use of water from a real WWTP together with data on the eﬃciency and associated
economic costs will give us a practical view of the implementation of such systems.
2. Materials and Methods
2.1. Wastewater Samples
The water source used in the experiments for this study was a WWTP located in the Murcia region
(Spain), (latitude 37◦ 47 48” N, longitude 0◦ 57 36” W). This plant receives domestic and industrial
eﬄuent from three municipalities (Roldán, Lo Ferro and Balsicas) and has a maximum treatment
capacity of 2,007,500 m3 /year of wastewater.
This WWTP consists of a secondary treatment based on active sludge with extended aeration and
secondary sedimentation. It also uses a tertiary treatment based on coagulation-ﬂocculation, rapid
sand ﬁlter and disinfection using ultraviolet (UV) radiation. Treated wastewater is commonly used for
agricultural irrigation in the Campo de Cartagena area.
2.2. Chemicals and Reagents
Seven CECs that have been detected worldwide in WWTP inﬂuents and eﬄuents (Tran et al., 2018)
were selected for the study: (acetaminophen (ACT), carbamazepine (CBZ), diclofenac (DCF),
erythromycin (ERY), ketoprofen (KTP), naproxen (NPX) and sulfamethoxazole (SMX)) [16].
Sigma-Aldrich (Steinheim, Germany) analytical standards of these compounds at high purity grade
(>99%) were used. The physico-chemical properties and chemical structure of these CECs are given
in Table 1.
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Table 1. Physico-chemical properties and chemical structure of selected contaminants of emerging
concern (CECs).
Compound

Structure

2

Acetaminophen
(ACT)
NSAIDs 1

Mw (g/mol)

Water Solubility
(mg/L)

Log Kow

pKa

151.17

14,000 (at 25 ◦ C)

0.46

9.38

236.27

18 (at 25 ◦ C)

2.45

13.9

296.15

2.37 (at 25 ◦ C)

4.51

4.15

733.94

4.2 (at 25 ◦ C)

3.06

8.88

254.29

51 (at 22 ◦ C)

3.12

4.45

230.26

15.9 (at 25 ◦ C)

3.18

4.15

253.27

610 (at 37 ◦ C)

0.89

1.6/5.7

1+

2+

Carbamazepine
(CBZ)
Anticonvulsant

1

+1

2

2+

2

Diclofenac
(DCF)
NSAIDs 1

+1
&O

&O

2+
2
2+
2

2

2

2

+2

Erytromycin
(ERY)
Antibiotic

2

2

2+

2+
2

1

2

Ketoprofen
(KTP)
NSAIDs 1
+2

2

2

Naproxen
(NPX)
NSAIDs 1

2

+2

2
1

+1

Sulfamethoxazole
(SMX)
Antibiotic

2

6

2

1+

1

NSAIDs: Nonsteroidal anti-inﬂammatory drugs.
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A commercial coconut shell-based GAC with high density value (520 ± 30 kg/m3 ) was used
as adsorbent in accordance with Benstoem et al. [34]. In that paper, the authors described a high
correlation between the high density of GAC sorbents and their capacity to adsorb CECs.
The selected GAC was activated thermally with steam and supplied by Chiemivall (Castellbisbal,
Barcelona, Spain). The main properties are described in Table S1, Supplementary Materials.
2.3. Analytical Determinations
Wastewater samples were characterized in terms of pH, turbidity, electrical conductivity (EC),
dissolved organic carbon (DOC), total suspended solids (TSS), ﬁve-day biochemical oxygen demand
(BOD5), and some ions (for conditions, see Appendix A).
The microbiological analysis of the CECs (ACT, CBZ, DCF, ERY, KTP, NPX and SMX) (Clostridium
perfringens spores, Escherichia Coli and total coliphages (somatic and F-speciﬁc)) was done by an external
ISO 17025 certiﬁed laboratory (IPROMA S.L.) located in Castellón, Spain. For CECs, SPE extraction
followed by HPLC-MS (High-performance liquid chromatography – mass spectrometry) was used.
Clostridium perfringens spores and Escherichia Coli were determined by plate count while coliphages
(total, somatic and F-speciﬁc) were determined using the double agar layer method (ENAC n◦ 109/le285
accreditation, https://www.enac.es/documents/7020/ac514131-7717-42cc-b026-0b8de53c78e1.
2.4. Preliminary Lab-Scale Experiments
The adsorption capacity of the selected GAC was studied at lab scale using a methacrylate column
of 550 mm length and 19 mm internal diameter containing 21.5 g of GAC. The experiments were carried
out using secondary WWTP eﬄuents fortiﬁed with 200 μg/L of each CEC. The mixture was added to a
plastic tank and pumped into the column by a peristaltic pump (P-Selecta, Percom-I model, (J.P. Selecta,
Abrera, Barcelona, Spain) Operational parameters (Table 2) were selected according to previous results
described in the literature [35], which were also compatible with the dimensions established for the
design of the experimental prototype.
Table 2. Operational parameters of the adsorption lab-scale preliminary experiments.
Parameter

Units

GAC bed height
Empty bed contact time
Filtration area of GAC
Flow rate
Filtration velocity
Volume of water
needed

20 cm
39.38 s
2.8 cm2
5.18 L/h
18.28 m/h
145 L

Eﬄuent was collected from the lab-system at diﬀerent time intervals until the concentration
remained constant over time. The amount of adsorbed CEC was calculated as follows [36,37]:
qe =

(C0 − Ci ) x V
m

(1)

where C0 is the initial CEC concentration (μg/L), Ci is the CEC concentration in treated wastewater
(μg/L), V is the volume of treated wastewater (L) and m is the mass of GAC (g). All adsorption
experiments were performed at least twice and the results are reported as an average.
2.5. Plant Prototype Design
The prototype (Figure 1) was designed, manufactured and installed by AZUD in the CEBAS-CSIC’s
Research Platform inside the Roldán-Lo Ferro-Balsicas WWTP, and it was directly connected to eﬄuent
from the secondary treatment.
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67(3
67(3

67(3

Figure 1. Prototype design.

The maximum workﬂow of the prototype is 1200 L/h although hydraulically it is capable of
working with lower ﬂows (minimum 500 L/h). The water treatment includes three steps:
1

The ﬁrst step is based on disc ﬁlters AZUD HELIX AUTOMATIC® .

The objective of the ﬁrst step is to ﬁlter the water out of the secondary settling tanks in order to
allow the next step of the treatment (GAC) to work speciﬁcally on the adsorption of the CECs without
any interference due to suspended particles that might reduce the adsorption performance.
Disc ﬁlters were selected to achieve this because this allows for a deep ﬁltration that eliminates all
particles larger than the degree of ﬁltration and a high percentage of smaller ones, regardless of the
geometry or nature of the particles. This is also an eﬀective way of protecting the rear media ﬁlter.
The disc ﬁlter module has a speciﬁc design that combines three independent stages working in series
with several selected particle retention capacities (50, 20 and 5 μm). This experimental module includes
an automatic backwash system that combines water and compressed air, which allow for the disc
recovery. The air-assisted backwash system (AA) works with low pressure (even during the backwash
process), thus reducing the hydraulic interaction in the prototype during cleaning and optimizing the
water and energy consumption as well as obtaining total recovery of the discs. The backwashing times
was 30 s for each stage.
2 The second step is based on the adsorption process using a high-quality coconut
shell-based GAC.
A total of 112 kg of CG900 (Chiemivall, Castellbisbal, Barcelona, Spain), (see Table S1,
Supplementary Materials) was placed in a bed column made of polyester reinforced with ﬁberglass of
1945 mm high with an auto-control valve. Weekly cleaning of the module was scheduled to ensure
maximum repetitiveness of the analytical results.
3 The third step is based on a system for disinfection with UV radiation. This step was designed
for disinfection purposes and consists of a conventional λ = 245 nm UV lamp with 200–400 W that was
self-assembled in the prototype.
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The prototype is totally autonomous due to the automation of all processes. Five solar panels
(270POL, Sunconnection WorldWide 2016® , Murcia, Spain) were installed outside to provide the
required electric energy (Figure 2a). The panels supply a total of 1650 W, while the prototype consumes
energy in a range between 840 W and 1600 W depending on the selected conﬁguration (For more
details, see Table S2). Solar panels were connected to the electric feed of the system through a set of
batteries (Figure 2b) for the continuous operation of the system even when the solar radiation is low or
during the hours without sun.

Figure 2. (a) Solar panels (the lined ones in the lower part of the picture); (b) Set of batteries.

3. Results and Discussion
3.1. Characterization of WWTP Eﬄuent
Samples from the secondary eﬄuent from the WWTP were characterized between March and
June 2019 in order to assess the variability in real eﬄuents. Table 3 shows the average, minimum and
maximum values of the diﬀerent physico-chemical parameters analyzed. In general, low standard
deviations were obtained for almost all parameters analyzed, indicating eﬄuent stability. The greatest
variations in standard deviation were found in the analysis of Cl− and SO4 2− , which coincided with
samples taken from point of entry to the WWTP.
Table 3. Characteristics of secondary wastewater treatment plant eﬄuents (n = 20).
Parameters
pH
Turbidity (NTU)
Electrical Conductivity (EC, dS/m)
5-day Biochemical Oxygen Demand (BOD5 , mg/L)
Total Nitrogen (mg/L)
Dissolved organic carbon (mg/L)
Total Solids (TSS, mg/L)
Transmittance (%)
F− (mg/L)
Cl− (mg/L)
NO2 − (mg/L)
Br− (mg/L)
NO3 − (mg/L)
PO4 3− (mg/L)
SO4 2− (mg/L)
SAR

Minimum

Maximum

Average

SD

7.19
0.95
1.11
3.00
6.55
9.76
3.00
48.80
<0.02
141.72
<0.10
0.26
2.45
5.96
136.00
2.83

7.73
7.79
1.80
12.00
11.74
13.90
10.00
64.70
0.14
301.02
1.44
0.51
19.74
14.67
231.03
5.59

7.43
2.66
1.57
6.25
9.42
11.67
5.50
53.69
0.18
243.57
1.38
0.38
9.93
9.08
200.82
4.90

0.15
1.60
0.15
4.03
1.82
1.39
2.00
4.58
0.03
47.13
0.08
0.08
5.74
2.91
30.91
1.01

3.2. Adsorption Capacity of Selected GAC
Before the commissioning of the prototype, the GAC maximum adsorption capacity was
determined at lab-scale. The results (reported as the average concentration of all selected CECs)
showed that after 120 L of wastewater was treated, the concentration remains constant, so, with
regard to Equation (1), the maximum adsorption capacity was determined as 0.8 mg CECs/g GAC.
Therefore, a maximum adsorption of 89.6 g of CECs can be expected in the GAC bed column of the
self-sustainable prototype.
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3.3. Prototype Evaluation and Optimization
3.3.1. Disc-Filter Module
To evaluate the operation and eﬃciency of the disc-ﬁlter module, the pressure diﬀerential
was continuously monitored, since this parameter allows evaluation of the degree of ﬁlter fouling.
A conservative maximum pressure value for each of the selected ﬁlters (50, 20 and 5 μm) was set at
0.6 bars. When this value was reached, the automatic backwashing process was activated. The results
(Figure 3) showed that of the total volume of prototype inﬂuent, only 0.23% was used for cleaning
the ﬁlters, while 8.9% was destined to a second module cleaning (GAC bed column), and the water
obtained was 90.87% of the total volume.
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Figure 3. Percentages of produced water, granular activated carbon (GAC) bed column cleaning and
disc ﬁlter cleaning from total treated volume.

Our results are in accord with Ravina et al. [38], who suggested that by using disc ﬁlters, the volume
of the backwash water was generally less than 0.5% of the total volume passing though the ﬁlter.
However, considering that this low percentage corresponds to the cleaning of the ﬁlter with the smallest
particle size (5 μm), the number of backwashes with respect to the accumulated treated volume was
studied in order to evaluate the long-term eﬃciencies of the module (Figure 4). A total volume of
1000 m3 of real secondary WWTP eﬄuents was passed through the ﬁltering module. The variability in
the frequency of cleaning is mainly due to the TSS that can enter the ﬁlters from secondary WWTP
eﬄuents according to Duran-Ros et al. [39], however, in almost all cases, values under 20 were obtained.
The trend followed a virtually horizontal line, indicating that the incidence of cleaning remained
constant over time, which suggests that the system is able to recover its initial state. In general, system
fouling is related to the cleaning frequency, so that if the cleaning frequency increases, the ﬁltering
capacity decreases, until the ﬁlter clogs. For a detailed investigation of disc ﬁlter fouling, it would be
necessary to do a study with much larger volumes or to work with eﬄuents containing higher TSS
values (as shown in Table 3, the selected eﬄuents have low TSS values).
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Figure 4. Number of automatic backwashes performed with respect to the treated volume.

3.3.2. GAC Bed Column Module
•

Flow rate eﬀects on CECs removal eﬃciency

In general, the retention time of CECs in the bed column is one of the most important factors
aﬀecting the eﬃciency of adsorption, due to its inﬂuence on both the adsorbate and adsorbent.
The variation in empty bed contact time (EBCT) in the GAC bed column was studied through the
variation in the workﬂow rate. The maximum and minimum prototype workﬂow (1200 and 500 L/h),
and three intermediate points (1000, 800, and 600 L/h) were studied. The values of the EBCT that
corresponded with these points are detailed in Table 4. All experiments were performed by introducing
real secondary WWTP eﬄuents into a 5000 L mixing tank where additional quantities of each CECs
(200 μg/L) were added. In order to obtain representative results, experiments were performed during
several months (September and November 2019 and February 2020) and all analytical samples were
analyzed in duplicate. The overall results are shown in Table 4.
Table 4. CECs, dissolved organic carbon (DOC), turbidity and transmittance values obtained at diﬀerent
workﬂows (n = 6).
Workﬂow
(L/h)

EBCT (min)

HLR * (m/h)

Total CECs
Removal (%)

DOC
Removal (%)

Turbidity
Removal (%)

1200
1000
800
600
500

11
14
17
23
27

5.3
4.4
3.5
2.6
2.2

52.5 ± 2.2
53.4 ± 4.3
54.6 ± 1.6
62.3 ± 4.9
74.6 ± 6.1

22.3 ± 2.1
23.8 ± 3.0
24.3 ± 2.8
25.6 ± 3.1
27.2 ± 4.0

16.1 ± 2.0
18.0 ± 3.1
19.0 ± 2.9
21.0 ± 4.1
27.5 ± 3.8

Transmittance
Increase (%)
15.5 ± 3.9
16.0 ± 4.6
18.0 ± 3.8
21.5 ± 4.2
23.5 ± 5.6

* HLR: Hydraulic loading rate.

In all experiments, pH values remained constant at neutral pH (7.1–7.9). The selected CECs were
moderately to eﬀectively removed over the entire course of the experiments, with mean (±standard
deviation) removals ranging from 52.5% ± 2.2% to 74.6% ± 6.1%. Results showed that CECs removal
increased with the EBCT values, indicating that lower ﬂow rates are most eﬀective for CECs adsorption
compared with higher ﬂow rates. The same tendency occurred with DOC and turbidity removals, while
an increase of % transmittance was detected. According to Rahman et al., this is due to two phenomena:
(i) lower workﬂow rates imply higher residence time in the bed column, and (ii) compounds or
ions present in wastewaters have more time to diﬀuse into the pores of GAC through intra-particle
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diﬀusion [40]. Therefore, in order to obtain high-quality eﬄuents for agricultural uses, a workﬂow of
500 L/h (EBCT 27 min) showed the best adsorption eﬃciencies. Under these conditions, the ability to
remove individual CECs was evaluated.
The results (Figure 5) showed that the adsorption capacity for individual CECs followed the
following trend: ACT > CBZ > NPX > KTP > DCF > ERY > SMX. The best adsorption results
(95.77 ± 4.3%) were obtained for ACT mainly due to its low molecular weight compared to the rest of
the CECs and its aromatic structure (see Table 1). In general, adsorption capacity is strongly related
to the physical-chemical properties of CECs. Those with smaller molecular weights and aromatic
compounds are more susceptible to adsorption in GAC systems, while higher molecular weight or low
aromatic compounds are poorly adsorbed by GAC [41,42].
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Figure 5. Adsorption eﬃciencies of selected CECs in workﬂow of 500 L/h.

Speciﬁcally, ERY has a signiﬁcantly higher molecular weight than the rest (733.94 g/mol).
Furthermore, it is not aromatic, which has proven to be a disadvantageous adsorption characteristic,
and it showed lower adsorption values in comparison with the other compounds (61.81% ± 8.61%).
The behavior of SMX is unusual compared to the above—it showed the lowest adsorption capacity
(52.24% ± 5.15%). This may be related to its reactivity in aqueous solution, which results in two
dissociation constants [43]. Because of this, SMX may be present in solutions in anionic form. Anionic
species have a low tendency to adsorption by GAC, and may also be displaced by other adsorbates
according to Yang et al. [44]. The low adsorption eﬃciency of SMX in GAC systems has been reported
by several authors. For example, Motwani et al. reported that only 27.27% of SMX was removed using
GAC with a particle size of 2.0–5.0 mm, while none or little adsorption were described by Telgmann et
al. using diﬀerent GAC sorbents (8 × 30 mesh, 4 × 8 mesh and 8 × 14 mesh of particle size) [45,46].
•

Inlet CECs concentration eﬀects

Similar to previous studies, the eﬀects of inlet CECs concentration were studied using real
secondary WWTP eﬄuents. Additional quantities of each CEC (at two diﬀerent concentrations that
diﬀer by almost an order of magnitude, 200 and 50 μg/L) were introduced in a 5000 L mixing tank, and
spiked eﬄuents were passed through the GAC bed column at a workﬂow of 500 L/h. All analytical
samples were analyzed in triplicate and the results are reported in Figure 6.
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Figure 6. CECs removal percentages at two inlet concentrations (200 and 50 μg/L).

With regard to the high variability of real WWTP secondary eﬄuents, no signiﬁcant eﬀects were
found between two studied CECs concentrations, except for ERY, which increased from 37.29 ± 8.76%
to 54.55 ± 12.86% with concentrations of 50 and 200 μg/L, respectively. This can be explained by
considering that at high initial concentrations, the ratio of ERY molecules to adsorbent GAC active
sites is high, therefore, the probability of the interaction of molecules increases. Similar eﬀects of
inlet concentration are common in GAC systems and these have been included in several studies.
Sotelo et al. [47] reported an increase in the percentage of caﬀeine (from 77.71% to 91.74%) and
diclofenac (from 58.75% to 71.54%) adsorption when the initial concentration of these compounds
increased from 3 to 7 mg/L, while Ang et al. [48] reported an increase in sevoﬂurane (an anesthetic)
adsorption (from 536 ± 5 mg/g to 604 ± 9 mg/g and from 329 ± 5 to 368 ± 5 mg/g) when two diﬀerent
GACs (E-GAC and H-GAC, respectively) were used at inlet concentrations from 55.9 and 527.9 mg/L.
3.3.3. UV-Module Eﬃciency
Removal of pathogenic microorganisms is essential to guarantee the high quality of prototype
eﬄuents. Therefore, the eﬃciency of the selected UV-lamp was evaluated by monitoring diﬀerent
indicator microorganisms as described in the recently published Regulation (EU) 2020/741 of the
European Parliament and of the Council of 25 May 2020 on minimum requirements for water reuse
(E. coli for pathogenic bacteria, F-speciﬁc coliphages, somatic coliphages and total coliphages for
pathogenic viruses, and Clostridium perfringens spores for protozoa) [13]. The monitoring of these
indicators in inﬂuent and eﬄuent prototype samples was carried out for a period of one year (March
2019–March 2020) and the values are shown in Table 5. The maximum and minimum prototype
workﬂow (1200 and 500 L/h) was also evaluated.
Table 5. Monitoring of microbiological indicators in the prototype at two workﬂows (500 and 1200 L/h)
during a period of one year (n = 40).
Prototype Inﬂuent Values

Indicator
Clostridium perfringens spores (CFU/100 mL)
Escherichia coli (CFU/100 mL)
Total Coliphages (MPN/100 mL)
Somatic Coliphages (MPN/100 mL)
F-Speciﬁc Coliphages (MPN/100 mL)

% Removal

Minimum

Maximum

Mean

Flow 500 L/h

Flow 1200 L/h

310
770
2
<1
<1

16,000
35,000
220
210
8

3000
9484
47
45
3

100
100
100
100
100

99.9
99.9
100
100
100
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Clostridium perfringens spores and Escherichia coli were detected in all prototype inﬂuent
samples with average values of 3000 and 9484 CFU/100 mL, respectively, while lower values
were detected for Coliphages (the average values for total, somatic and F-Speciﬁc were 47, 45 and
3 MPN/100 mL, respectively).
At a workﬂow of 500 L/h, all microbiological parameters were removed, while an average 0.1%
decrease in Clostridium perfringens spores and Escherichia coli was detected for workﬂows of 1200 L/h.
Despite this small loss of eﬃciency, high-quality eﬄuents were obtained in all cases according to (EU)
2020/741 regulations [13], and they also complied with the most restrictive crop category values (Class
A: All food crops consumed raw where the edible part is in direct contact with reclaimed water and
root crops consumed raw).
Therefore, and independently of the workﬂow, high-quality eﬄuents for reuse purposes were
obtained, which minimized the microbiological risk of ingesting any type of crop irrigated with
reclaimed waters.
3.3.4. Continuous Operation of the Prototype
Considering the previous results for CECs and microbiological indicators removal, the workﬂow
was adjusted to 500 L/h and the continuous operational work mode was evaluated. The work time was
set for 8 h of work per day and weekly samples were evaluated for several months (March 2019–2020).
At each sampling, both the inﬂuents (samples from the secondary treatment of the WWTP) and the
prototype eﬄuents were analyzed.
Analysis of the CECs in the prototype inﬂuent showed low concentration values for the selected
compounds, with a minimum and maximum of 0.4 μg/L (DCF) and 3.20 μg/L (KTP), while ACT and ERY
were not found in any analyzed sample with values below the analytical limits (limit of quantitation
(LOQ)) marked by the reference laboratory that analyzed the samples (Table 6). The physico-chemical
and microbiological analysis of prototype inﬂuents showed values within the ranges in all cases as
previously described in Tables 1 and 5.
Table 6. CECs concentration in the prototype inﬂuent.
CECs

LOQ (μg/L)

ACT
CBZ
DCF
ERY
KTP
NPX
SMX

0.4
0.2
0.2
0.2
0.2
0.4
0.2

Prototype Inﬂuent Concentration (μg/L)
Minimum

Maximum

<LOQ
<LOQ
0.40
<LOQ
<LOQ
<LOQ
<LOQ

<LOQ
0.53
1.30
<LOQ
3.20
0.60
0.40

Prototype eﬄuent samples showed average values for turbidity removal (28.58% ± 5.15%) and
transmittance increase (20.66% ± 2.30%) similar to those obtained in previously reported values for the
GAC module (Table 4), so, the variation in these parameters is directly related to the GAC eﬃciency.
On the other hand, an average removal of 43.36% ± 12.14% of DOC was found in the prototype
eﬄuent. This is partly due to the eﬃciency of organic matter disposal in the GAC step (approximately
27.2% ± 4.0%), and the rest is due to its retention in the ﬁrst stage (disc ﬁlters).
In all cases, the values obtained in prototype eﬄuents for turbidity, TSS and BOD5 were lower than
the most restrictive values reported in the recently published (EU) 2020/741 Regulation on minimum
requirements for water reuse (turbidity ≤ 5 NTU, TS ≤ 10 mg/L and BOD5 ≤ 5 mg/L), while EC
and SAR were lower than 3 dS/m and 6, respectively, which is in accord with Spanish regulations
(Royal Decree 1620/2007, https://www.boe.es/buscar/doc.php?id=BOE-A-2007-21092) [49]. In addition,
microbiological indicators showed the total removal of selected parameters (according to Table 5),
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while values below the analytical limits set (Table 6) for the selected CECs were found in all cases,
indicating high-quality agronomic eﬄuents, suitable for safe, agricultural reuse purposes.
After the good results obtained, and taking into account the low concentrations of CECs found
in the prototype inﬂuent and its stability, as shown in Table 1, an additional study using WWTP
secondary eﬄuents was carried out to evaluate the binomial high quality vs. volume of produced
water, with a ﬂow rate of 1200 L/h (maximum prototype workﬂow). The results were similar to those
obtained for a 500 L/h workﬂow and showed high eﬃciency in terms of CECs removal with lower LOQ
values in all cases, while the physico-chemical and microbiological indicators were below the standard
limits indicated above. These results indicate that higher workﬂows could be used with medium-high
quality water, while in water with a high concentration of CECs such as industrial wastewaters (which
may also contain high values of turbidity or organic matter) it is necessary to work at low ﬂows to
ensure the high agronomic quality of the eﬄuent. Thus, previous characterization of WWTP eﬄuents
is necessary.
Although high quality eﬄuents were obtained in both minimum and maximum workﬂows
(500 and 1200 L/h) in this particular case, after treatment of 715.33 m3 of wastewater, traces of CECs
were found in prototype eﬄuents (1200 L/h workﬂow). In particular, between 0.5 μg/L to 1 μg/L of
CBZ, DCF, KTP, and SMX were detected, suggesting the saturation of the GAC column.
For a more detailed study, the decrease in adsorption eﬃciency at diﬀerent treated wastewater
volumes was evaluated (Figure 7). In accord with the lower CECs concentration in real WWPT eﬄuents,
a few control experiments were programmed using real WWTP eﬄuents containing selected CECs
(200 μg/L of each). Diﬀerent volumes of treated wastewater (330, 440 and 715 m3 ) were evaluated until
the detected CECs point described above. The 500 and 1200 L/h workﬂows were compared (Figure 7).
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Figure 7. Decrease in adsorption eﬃciency at diﬀerent treated wastewater volume in two workﬂows:
(a) 1200 L/h, (b) 500 L/h.

In both cases, the adsorption capacity decreased when the treated volume increased, suggesting
that adsorption capacity gradually deteriorates with use. Speciﬁcally, a 50.05% ± 4.48% and 34.58%
± 5.24% decrease in adsorption eﬃciency was obtained for 1200 and 500 L/h workﬂows at 715 m3 ,
respectively. The results suggest that when the adsorption capacity percentage decreases to around
50%, the GAC should be replaced.
According to Chae et al. [50], the rate at which carbon is exhausted and the frequency at which
carbon should be replaced/regenerated can be calculated by determining the carbon usage rate (CUR),
which is the mass of activated carbon used per unit volume of wastewater treated (Equation (2)).
CUR =

mass o f GAC in column
treated volume
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Therefore, according to this equation, and selecting 715.33 m3 as the maximum safety volume
(conservative value for all possible prototype workﬂows), the CUR value obtained would be 0.15 kg
of GAC per m3 of treated volume (112 kg/715.33 m3 ), which can be used as a predictive value for
scaled-up GAC systems.
3.4. Applicability and Cost Assessment
Although several technical or environmental factors have to be taken into account in the selection
or feasibility of implementing an eﬀective tertiary system, cost is often the determining factor. Taking
into account the advantages of the selected GAC in the adsorption of CECs, we considered two
possible scenarios.
The ﬁrst scenario involves the implementation of the prototype in isolated areas, where an
improvement in water quality is necessary prior to irrigating crops, in a conventional WWTP that
does not have an installed tertiary treatment. An estimation of the operation and maintenance costs
of the prototype (excluding installation) are shown in Table 7. Considering 8 h of work per day and
365 days/year (2920 h/year), the theoretical cost is 1300 €/year. On the other hand, if we consider the
possibility of working at the maximum ﬂow rate of the prototype (1200 L/h), the expected treated
volume of water is 3504 m3 /year. However, since the treated volume is approximately 90% of the total
entry to the prototype (see Figure 3), the treated volume of water would be 3154 m3 /year. This means a
maintenance cost of 0.37 €/m3 treated or 0.41 €/m3 produced, which is a relatively acceptable value
given that the average cost of reused water treatment in Spain is about 0.46 €/m3 for a system that
includes a physico-chemical operation, membrane ﬁltration, reverse osmosis and chlorination [51].
Table 7. Annual operation and maintenance cost of the prototype.
Operation Type

Amount/Year

€/Year

Maintenance 1
Cleaning 1
Operation 1
GAC change
UV lamp
Electrical energy

26 h
8h
16 h
1 change
0.25 ud
Solar panels

390
120
240
350
200
0

TOTAL

1300
1

Estimated cost of personnel: 15 €/h.

The second scenario is the inclusion of GAC modules in a conventional WWTP that already
contain ﬁltration steps and disinfection tertiary treatments. Thus, the long-term operational data from
a WWTP with a conventional design was compared with the same design including a GAC step.
In the particular case of the Murcia region, the largest urban waste water regeneration system for
the production of quality regenerated water 2.1 (according to the criteria of the Royal Decree 1620/2007
(2007), and MAPAMA recommendations (2010)) includes several stages: (1) coagulation-ﬂocculation
suspended matter reduction, using polyaluminium chloride (PAC) and anionic polyelectrolyte (PA);
(2) ﬁltration by sand ﬁlters, micro-sieves or textile ﬁlters; and (3) disinfection with UV lamps, and a
ﬁnal dose of NaClO.
Assuming a duration of 20 years, and that inversion costs are evenly distributed over that time, the
implementation of a GAC system in a conventional WWTP would increase costs from approximately
0.117 €/m3 to 0.142 €/m3 , that is, an increase of 21%. This increase is mainly due to the costs of
replacing the GAC and the increased energy consumption of installations (around 25%), while the
remaining increase in costs is due to the initial investment (12%) and 5% is due to equipment and
facilities maintenance.
In both scenarios, the higher costs are related to the current limited capacity to regenerate GAC
(replacement costs). However, regeneration studies, together with the development of new adsorbents
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capable not only of purifying water but also recovering valuable substances, provide useful perspectives
on the implementation of these processes.
4. Conclusions
This work clearly demonstrates the feasibility of implementing a self-suﬃcient prototype in
conventional WWTP as a tertiary treatment of eﬄuent for agricultural reuse purposes. Regardless of
the workﬂow, the use of GAC provides a promising way to reduce CECs concentration, while the UV
lamp was able to remove all microbiological parameters analyzed (E. coli, total coliphages (F-speciﬁc
and somatic) and Clostridium perfringens spores).
Lower workﬂows (high EBCT) increased the CECs removal eﬃciency, particularly for low
molecular weight and aromatic compounds. However, to select the workﬂow, it is necessary to know
the initial quality of the water to be treated (concentration and nature of CECs, presence of interferences,
etc.), as well as the required quality of the produced water.
The use of the previous ﬁltration stage (disc ﬁlters) obtained a good proportion of ﬁltered water
versus water consumption, while the energy autonomy and self-operation of the prototype resulted in
an economically viable methodology for its implementation in conventional WWTPs, and in isolated
areas linked to crops.
In view of the limited information available on the large-scale use of eﬃcient tertiary treatments
for reuse purposes, the information obtained in this study will help to provide a reference for eﬃcient
industrial designs.
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Appendix A
pH and EC were measured with a multi-parameter equipment Eutech PC 2700 (Eutech instruments,
Singapore). Turbidity was analyzed with a turbidity-meter Dinko D-110 (Dinko Instruments S.A.,
Barcelona, Spain). TSS values were determined according to American Standard Methods (American
Public Health Association American Water Works Association, Water Pollution Control Federation,
and Water Environmental Federation, 1915). Dissolved organic carbon (DOC) was measured in a
Shimadzu 5050 TC-TOC-TN analyzer (Shimadzu Corporation S.L. Japan). Total Dissolved Nitrogen
(TN) was measured using the same TC-TOC-TN analyzer. Ions were measured by ion chromatography
using a Metrohm chromatograph (Metrohm, Switzerland). Samples for DOC, TN, spectrometry and
chromatography methods were previously ﬁltered using 45 μm ﬁlters.
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Sodium Adsorption Ratio (SAR) was calculated based on the relation between soluble sodium
and soluble calcium and magnesium divalent cations [52]:
SAR =

Na+
(Ca+2 + Mg+2 )/2
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