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Università del Piemonte

Orientale ”A. Avogadro”

Alessandria

Italy

Monica Pica

Department of Pharmaceutical

Sciences
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Preface to ”Innovative Materials and Methods for the

Removal of Pollutants from the Environment”

It is with great pleasure we welcome you to this Molecules Special Issue devoted to “Innovative

Materials and Methods for the Removal of Pollutants from the Environment”.

In the last decade, environmental pollution has reached worrying proportions, and intensive

efforts have been devoted to seeking solutions that can be effectively employed for the removal of

pollutants from different environmental compartments. This Special Issue aims to gather the most

recent and significant contributions related to innovative materials and processes for environmental

purposes, with special emphasis on the depollution of air, water, and soil. Biological approaches for

pollutants removal are also considered as a valid alternative to contrast environmental threats.

The 18 articles (5 reviews and 13 research papers) composing this Special Issue can be thus

considered as a representative selection of the current research and novel applications of inorganic,

organic, or hybrid materials with porous or layered structures for the removal of pollutants through

adsorption processes or (catalytic) transformation of noxious compounds into species with reduced

environmental impact. Bioremediation approaches have been also proposed to treat contaminated

media, for instance by altering environmental conditions to stimulate growth of microorganisms

aiming to the degradation of toxic species.

Three of the five reviews articles report an overview of the available research strategies for the

removal of pollutants from aqueous environments and industrial wastewaters. These contributions,

together with research articles dedicated to water safety and depollution, allow to acquire knowledge

about the research efforts currently carried out to preserve and improve quality of one of the most

important natural resources in the world.

Most of the articles composing the Special Issue are related to the use of adsorption processes

for the removal of toxic species from polluted water. In this respect, the use of nanomaterials for

the removal of different classes of pollutants normally found in industrial wastewaters (i.e. dyes,

heavy metals and pesticides) has been reviewed, also taking into account their possible regeneration

and reuse strategies, thus designing future possible applications (S.K. Lakkaboyana et al., DOI:

10.3390/molecules26092799).

Among the different materials that can be employed for wastewater treatments, layered

zirconium phosphate (ZrP) has proven to be really versatile materials and their possible use as

sorbents for heavy metal cations or dye molecules in wastewater treatments has been reviewed.

Special emphasis has been given to the the possibility of combining ZrP with polymers or other

inorganic materials (i.e. photocatalytic species), aiming at having suitable systems for real and large

scale applications (M. Pica, DOI: 10.3390/molecules26082392).

Chitosan and derived composites are attracting considerable interest as environmentally

adsorbents and have the potential to remove water contaminants, such as heavy metal ions, cationic

and anionic dyes, phenol and other organic molecules, such as antibiotics. The development of

chitosan-based adsorbents is reviewed starting from the extraction of chitin from seafood wastes,

followed by its conversion to chitosan, and then describing the emerging chitosan/carbon-based

composite materials and their application for water pollutants removal (C. B. Breslin et al., DOI:

10.3390/molecules26030594).

Several research papers are related to materials for the removal of toxic molecules from aqueous

media. Removing methylene blue (MB) dye from aqueous solutions was examined by the use of
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nickel molybdate (-NiMoO4) as adsorbent. The effect of different parameters, such as the pH, the

adsorbent dose, the temperature, the contact time, and the initial dye concentration, have been

studied, aiming at improving the removal conditions, thus indicating that -NiMoO4 nanosorbent

is an outstanding candidate that can be exploited for removing MB dye in wastewater (S. Rakass et

al., DOI:10.3390/molecules26051378).

The application of mesoporous silica monoliths for the removal of organic pollutants from

water and gas phase have also been proposed. Besides the adsorption properties of the monoliths

for gaseous toluene, as a model of volatile organic compounds (VOCs), the same monoliths

have been considered for their potential application for the removal of Rhodamine B in water,

showing good performances and stability of the siliceous sorbents in aqueous media (C. Bisio et al.,

DOI:10.3390/molecules26051316).

An eco-friendly approach for acetampirid pesticide removal based on use of micro- and

mesoporous activated carbon (TPAC), synthesized via chemical treatment of tangerine peels, is also

proposed. The effects of various parameters on the adsorption of acetampirid including adsorbent

dose (0.02–0.2 g), pH 2–8, initial adsorbate concentration (10–100 mg/L), contact time (10–300 min),

and temperature (25°C–50°C) were studied. The results of the presented study show that TPAC may

be effectively used for the removal of acetamiprid pesticides from aqueous solutions (A. E.-G. E. Amr

et al., DOI:10.3390/molecules25102339).

Another approach is related to the use of pineapple leaves (PAL) for the adsorption of rose bengal

(RB) from contaminated water samples. Raw pineapple leaves (RPAL) and the thermally activated

bio-waste leaves have been studied and the adsorption processes have been followed by means of a

multitechnique approach (M. El-Azazy et al., DOI:10.3390/molecules25163752).

Another research paper reports the use of Carpathian clinoptilolite powder to remove

ammonium from sludge water arising from the dewatering of anaerobic digested sludge with high

loads of ammonium in wastewater treatment plants (WWTP). This paper aims also to recover

ammonium as a valuable resource to substitute ammonia from the energy intensive Haber–Bosch

process for fertilizer production (S. Wasielewski et al., DOI:10.3390/molecules26010114).

Wastewaters are characterized by a high content of phosphate and toxic metals. Many studies

have confirmed the sorption affinity of alginate adsorbents for these ions. The adsorption of

phosphate from effluent of sewage sludge on biodegradable alginate matrices cross-linked with Fe3+

ions (Fe Alg) was also investigated (H. Siwek et al., DOI:10.3390/molecules25173962).

A versatile synthetic approach has been developed to prepare polyvinyl alcohol

(PVA)/nitrogen-doped carbon dots (CDs) composite film (PVA-CDs) for removal of toxic cadmium

ions from waters. The PVA-CDs film possess synergistic functionalities through increasing the

content of hydrogen bonds for chemisorption compared to the pure CDs. The film was successfully

applied to real water samples with an outstanding removal efficiency for tap and drinking water,

respectively (M.H. Issa, DOI:10.3390/molecules25153541).

Copper ferrite nano-particles (CuFe2O4) have been also modified with polyaniline to form

CuFe2O4/PANI nano-composite and used as new adsorbents for the removal of the hazardous

mercuric ions from aqueous solutions. Adsorption conditions have been modified and the method

at the optimum conditions exhibited high performance with high mercury removal performances

(S.S.M. Hassan et al., DOI:/10.3390/molecules25122721).

Continuous fixed-bed column adsorption system was also proposed for defluoridation of water

using volcanic rocks, virgin pumice (VPum) and virgin scoria (VSco), as adsorbents. The effects
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of particle size of adsorbents, solution pH, and flow rate on the adsorption performance of the

column were assessed at room temperature, constant initial concentration, and bed depth. The results

revealed that the developed column is effective in handling water containing excess fluoride and the

possiblity to regenerate confirmed that defluoridation of groundwater employing volcanic rocks is a

safe and sustainable method (B. Lennartz et al., DOI:10.3390/molecules26040977).

Some of the articles that appear in this collection are related to the removal of toxic contaminants

from soils. It is well-known that soil contamination by heavy metals threatens the quality of

agricultural products and human health, so it is necessary to choose certain economic and effective

remediation techniques to control the continuous deterioration of land quality.

An overview on the application of biochar (produced by the thermochemical transformation of

plant- and animal-based biomass) for the remediation of heavy-metal-contaminated soil is proposed.

Different conditions, such as biomass type, pyrolysis temperature, heating rate and residence time

are the pivotal factors governing the performance characteristics of biochar. The potential risks

of in-situ remediation strategy of biochar are expounded upon, which provides the directions

for future research to ensure the safe production and sustainable utilization of biochar (T. Chen,

DOI:10.3390/molecules25143167).

A research paper also deals with the use of biochars produced from Litchi branch for the removal

of Cu from contaminated soils. The study demonstrates that BCs, especially those produced at a

higher temperature, are promising for Cu immobilization and to release available silicon in soils.

However, the remediation efficiencies were restricted by the soil type contamination status and

remediation time (T. Chen et al., DOI:10.3390/molecules25184319).

The remediation of toxic components, such as radioactive waste, toxic heavy metals, and

other harmful substances, under extreme conditions is quite difficult due to their restricted

accessibility. Thus, novel treatment methods for the removal of toxic pollutants using extremophilic

microorganisms that can thrive under extreme conditions have been investigated during the past

several decades. Recent trends in bioremediation using extremophilic microorganisms and related

approaches to develop them are reviewed, with relevant examples and perspective (Y.J. Choi et al.,

DOI:10.3390/molecules25214916).

Another contribution regards lignin fractionation by enzymatic hydrolysis is proposed as an

effective approach to reduce the heterogeneity of lignin and improve the adsorption and recycle

performances of lignin as a cationic dye adsorbent. The proposed fractionation method is proved to

be a novel and efficient non-chemical modification approach that significantly improves adsorption

capacity and recyclability of lignin (W. Sui et al., DOI:10.3390/molecules25112603).

A study to explore the potential phytoremediation of industrial NTO

(3-nitro-1,2,4-triazol-5-one)-wastewater using vetiver grass (Chrysopogon zizanioides L.) is also

proposed. Evidences that vetiver can effectively remove NTO from wastewater, and also translocated

NTO from root to shoot are also presented (D. Sarkar et al., DOI:10.3390/molecules26010074).

Finally, some contribution is also related to air pollution causing serious challenges to modern

society. A study proposes a non-thermal plasma (NTP) system for placement in the exhaust system of

internal combustion engines to reduce the toxic contaminants (HC, CO, and NOx) of exhaust gases.

The proposed NTP system, installed in the exhaust system, can significantly reduce air pollutants

(M-H. Hsueh et al., DOI:10.3390/molecules25246041).

Of course, we wish to thank all the authors for their valuable contribution, as well as the

reviewers for their work and relevant input. Finally, we would like to thank the editorial staff at

xi



Molecules for making this themed Special Issue possible.

We created, for this book, an original cover image, dedicated to the efforts of chemistry to defend

the beauty of environment, represented by flowers, against every prejudice that considers chemistry

an enemy of life. We hope this Special Issue makes enjoyable reading and that it can be a source of

inspiration and future fruitful collaboration.

Chiara Bisio, Monica Pica

Editors
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Abstract: In the recent decades, development of new and innovative technology resulted in a very
high amount of effluents. Industrial wastewaters originating from various industries contribute as
a major source of water pollution. The pollutants in the wastewater include organic and inorganic
pollutants, heavy metals, and non-disintegrating materials. This pollutant poses a severe threat
to the environment. Therefore, novel and innovative methods and technologies need to adapt for
their removal. Recent years saw nanomaterials as a potential candidate for pollutants removal.
Nowadays, a range of cost-effective nanomaterials are available with unique properties. In this
context, nano-absorbents are excellent materials. Heavy metal contamination is widespread in
underground and surface waters. Recently, various studies focused on the removal of heavy metals.
The presented review article here focused on removal of contaminants originated from industrial
wastewater utilizing nanomaterials.

Keywords: nanomaterials; rare earth metals; wastewater treatment; pollutants

1. Introduction

One of the common natural resources in the world is water, which is indispensable
for the endurance of every human and human development. With the rapid increase of
urbanization and industrialization, water usage is expanding quickly, and the problem of
water shortage has become imperative to solve for developing economies. A huge quantity
of polluted wastewater is released from various industries, which includes the manufac-
turing of batteries, mining, toxins, and electroplating. Wastewater toxins cause numerous
antagonistic impacts on living creatures and to the surrounding environment [1,2]. It
ended up being a more productive and more affordable tool for treating industrial wastew-
ater. Contaminant types present in the industrial wastewater rely upon the production
process [3]. Toxins of industrial wastewater usually include large constituents of organic
compounds, increased pH level, harmful substantial metals, huge saltiness, and increased
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turbidity from the presence of impurities of inorganic compounds. Adsorption, flotation,
chemical precipitation, membrane filtration, flocculation, and coagulation are included
in the industrial wastewater treatment [4,5].These wastewater treatments are sometimes
insufficient in eliminating explicit impurities, for example, harmful heavy metals, oil,
and microorganisms.

Wastewater is generated from various sources such as residential areas, commercial
areas, industrial properties, and agriculture lands. Composition of wastewater differs
extensively, and it is majorly dependent on the source from which it is generated. Common
constituents of wastewater are inorganic substances such as solutes, heavy metals, metal
ions, ammonia, and gases, complex organic compounds such as excreta, plants material,
food, protein, natural organic matter, and nitrate, and other pollutants present in surface
water, ground water, and/or industrial water. Typically, industrial waste can be divided
into two categories, hazardous and nonhazardous. Nonhazardous industrial wastes do not
cause environmental and health hazards and are produced from cardboard, plastic, iron,
glass, stone, and organic waste. In contrast, hazardous wastes are industrial waste that
can be harmful to public health or the environment, such as flammable, biodegradable,
and hazardous materials [6]. Industrial waste is classified as wastewater, solid waste, or
air leaks. There is some overlap in the physical properties of the substances present in
these three categories, as wastewater can contain suspended solids and suspended liquids,
and precipitation of solid waste can include gas, liquid, and some liquids. Particles and
air exposures may consist of a fluid that emits air fluid and a substance known as particle
emission [7]. Industrial waste, which has a significant concentration of non-recyclable or
recyclable metals, is usually a good candidate for landfill, which is the dumping of waste
into the ground area. Figures 1 and 2 shows wastewater and industrial wastewater general
classifications.

Figure 1. Anthropogenic wastes classification, (Reprinted with permission from [8]).

2
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Figure 2. Industrial hazardous wastes general classification (reprinted with permission from [8]). F-list (wastes from
common manufacturing and industrial processes), K-list (wastes from specific industries), P-list, and U-list (wastes from
commercial chemical products).

When left untreated, these constituents may pose a threat to living beings and the
environment, which makes it crucial to treat wastewater before disposal. Various physical,
chemical, and biological treatment processes are used for wastewater treatment. Until now,
a variety of research on nanomaterials was done to research heavy metal water treatments
to find their applications, and they show incredible potential as an irreplaceable option to
adsorb heavy metals from wastewater [8]. For the removal of heavy metals from polluted
wastewater, these properties are very useful. According to the type of nanomaterial,
wastewater treatment is classified into three fundamental groups [9]: nano-adsorbents,
nanomembranes, and nano-catalysts. Some of the common sources of wastewater types
are below [10]:

• Wastewater from municipal/domestic: discharged wastewater from habitations, foun-
dations such as schools and medical clinics, and business offices, for example, shop-
ping centers, restaurants, and so forth.

• Wastewater from industries: industrial processes removing wastewater, for example,
drug, textile, and poultry industries.

• Infiltration/inflow: water that, in the long run, enters the sewer from establishment
channels, pipes leaking, submerged manholes, groundwater invasion, etc.

• Storm water: rainfall runoff and snowmelt

Industrial wastewater treatment needs different successive complicated studies to
fulfill the standard of water reusability. In looking at nanomaterials in waste streams and
possibilities for recovery, one of the first items that need to be understood is the amount
of industrial nanomaterial being produced and how much is then discharged, as shown
in Table 1 [11]. The amount discharged to waste was based on presumptive material flow
and then back calculated by knowing the reported amount produced rather than the actual
measurement of the true nanomaterials concentration in a waste stream. For example, iron,
zinc, and copper oxides would likely not last very long in the nanoparticle form, as they
are more soluble. On the other hand, TiO2 is one of the least soluble among nanomaterials
and would likely stay in the nanoparticle form for much longer. SiO2 would also be very
similar to TiO2 with a low solubility.
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Table 1. Nanomaterials and discharges (reprinted with permission from [11]).

Si. No Nano Material Discharge

1 Silica (SiO2) 95,000

2 Titania (TiO2) 88,000

3 Alumina (Al2O3) 34,900

4 Zinc oxides 34,100

5 Nano-clays 10,400

6 Cu and Cu oxides 497

7 Ag 424

One of the most significant advancements in the 21st century was nanotechnology.
Nanomaterials criteria include well-organized structure, filtration competence, small in
size, and high surface to volume ratio. Some special properties of nanomaterials under the
nanoscale are effects on the surface region, large quantum tunnel effects, small size effects,
and quantum effects. These properties add to their adsorption capacity and reactivity,
which are unprecedented and are great for heavy metal ions removal [12,13]. Industrial
pollution continues to be a major factor in worsening the environment around us, the water
we use, the air we breathe, and the land we live in. The growing power of industrialization
not only consumes large agricultural land but at the same time causes environmental
degradation as well as land degradation.

For raw materials management and manufacturing related to human activities, ma-
terials are driven from the liquids of industrial wastewaters (IWW) [14,15]. IWW acts as
one of the pollutants of environmental water. From a recent survey, a huge amount of
industrial wastewater is mixed into lakes, beaches, and streams. In the end, this produces
contamination complications and entanglements in the surrounding water and leads to the
eco-system returning as a negative output that negatively impacts human life. Industrial
wastewater results in human population spill, and the climate ends up being awful in
many scenarios. Huge quantities of these kinds of wastewaters are naturally incredibly
solid, highly inorganic, effectively biodegradable, or inhibitory potential. In regard to
these qualities, total dissolved solids (TSS), biological oxygen demand (BOD), and chemical
oxygen demand (COD) might be high [16]. Industrial wastewater comprises wastewater
from each sector of industry that produces its own exact blend of impurities.

As with the industrial wastewater’s shifting character, industrial wastewater process-
ing must be arranged explicitly for the specific sort of produced liquid. The metal industries
discharge heavy metals and some of their compounds; also, the electroplating industry is a
critical cause of contamination [17]. Higher amounts of Ag compounds are produced by
photograph handling workshops, and, at the same time, printing plants release inks and
dyes. The chlorine substances generally rely upon mash and paper industries; generally,
they contain chloride compounds and dioxins. A very large quantity of phenols and oils
are released by the petrochemical industry. Food handling effluents of the plant are loaded
with organic and solid issues. Commonly, industrial wastewater is categorized into two
classes: (1) organic industrial wastewater and (2) inorganic industrial wastewater. The main
compound, inorganic industrial wastewater, exists in steel and coal industries, non-metallic
minerals industry, metals manufacturing surface processing, and in commercial adven-
tures [18]. Generally, wastewater, solid substances, and oils are delivered, and they contain
incredibly poisonous solutes. This type may impact gas washing wastewater or cyanide
blast-furnace industrial wastewater of metal processing with alkaline or acids solutions in
which wastewater exudes from the gas refinement of Al work, which contains fluoride.

According to local regulations, non-metallic minerals exist in tiny and normal sizes
alongside metal handling plants and are situated so they may discharge their wastewater
into municipal wastewater systems; their effluents should be treated before liberation.
The contaminants that come from the chemical compounds/industries which act on a
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large-scale by organic industrial wastewater mostly exploit substances for chemical re-
sponses [19]. The fluids incorporate substances of organics with variable properties and
beginnings. The below-listed plants and industries primarily produce organic indus-
trial wastewaters (OIW) [20]:factories manufacturing pharmaceuticals, beauty products,
synthetic detergents, herbicides, and pesticides, leather and tanneries factories, textile
factories, paper and cellulose manufacturing plants, factories related to oil-refining, and
metal processing industry.

Now, the steel industry is viewed as a fundamental and crucial industry. Steel indus-
tries produce wastewater in huge quantities that contain many disintegrated chemicals
in the sludge and undisclosed substances [20]. Producing iron out of its metals involves
intensely decreased responses in impact heaters. Necessary cooling waters such as cyanide
and ammonium hydroxides are soiled. Acidified rinse waters are present in wastewaters
and waste corrosive blends. Regardless of the large number of plants working in acid plants
recovery, where the mineral acid is reduced from the salts of iron, a huge amount of acid fer-
rous sulfate/chloride remains undisposed [21]. The paper production and wood-pulping
products distribute polluters when natural fluids are delivered into emanating waters [22].
These liquids subsequently have extraordinary mutagenic effects that cause physiological
weakness and damage aquatic organisms. The textile industry altogether additionally
adds to water contamination in changing produced and natural threads into fabrics and
different products. While fabricating many of the materials, wet chemical techniques are
compulsory to legitimately sanitize, color, plan, or finalize the item [23]. This represents
wastewater development, which usually contains loads to eliminate pollution from the
crude materials themselves, yet excess reagent compounds are utilized in preparing such
processes. Essential polluters in textile wastewaters are exceptionally chemical oxygen,
heat, suspended solids, corrosiveness, and some dissolvable substances [24].

Industrial Wastewater Treatment (IWT) Processes

IWT is commonly arranged as physical, chemical, and organic processes. The usually
embraced advances might be divided into [25]: (i) pre-treatment, (ii) primary; (iii) sec-
ondary and tertiary; (iv) refinement; and (v) purification. Usually, a basic level of treatment
is based on size divisions utilizing physical methods, for example, filtration/sedimentation,
for fundamental cleaning. More than 99% of removal can be achieved by tertiary treatment,
which involves the final polishing of the effluent by toxic removal of pollutants to certain
levels [26–28]. Wastewater produced by the primary process is not reasonable for release
or reuse. The primary goal is to deliver the water suitable for optional and tertiary separa-
tions. A noticeable illustration of this is pH clarification/modification before membrane
adsorption or separation or ion exchange. Separation processes, which are ordinarily
viewed as basic treatments, include separation based on size, including the actual driving
force that affects separation. Screening, cyclone separations, sedimentation, precipitations,
thickening, centrifugation, and filtration are included in primary methods. Among the
main homogenization/leveling, pre-treatments are meant to balance, and wastewater
homogenization from inlets, particularly where industrial production creation occurs, is
irregular and variable for consumption toxins [28].

Further developed processes of separation are utilized with immense changes in equip-
ment and process nature in secondary and tertiary treatment stages. The separation process
generally incorporates evaporation, absorption, distillation, extraction, ion exchange, bio-
logical processes, adsorption, crystallization, cavitations, and separation of membranes [29].
The process of separations involved here can be arranged depending on driving forces, such
as thermal driving force, and pressure-driven processes, such as membrane separation-
microfiltration (MF), ultra filtration (UF), nano-filtration (NF), and electrical forces, e.g.,
electro-dialysis or RO. Physicochemical methods are the main processes of separation
that assume an imperative function in the field of wastewater treatment. This main class
incorporates a huge assortment of processes, such as flocculation/coagulation, cavitations,
oxidations, separation reactions, and extractions [30]. The process of separation includes
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ion exchange, and adsorption also comes under physicochemical methods of treatment
for utilizing either electrostatic attraction or surface forces. Ion exchange, coagulation, and
adsorption are methods of membranes separation that belong to charge-based separations,
where the removal process is generally contaminated under charge neutralization and is
applicable explicitly for the removal of charged bodies/ions from the solution. Based on
the idea of the profluent, at least one process of separation is involved in meeting the end
goals of water reuse/discharge [31]. Figure 3 shows the steps in wastewater treatment
processes as a flow chart.

Figure 3. Flow chart showing steps in wastewater treatment processes.

2. Removal of Dyes

From industries, waters dyes and pesticides are being released frequently, and their
findings, particularly at low concentrations, need the development of complex advances,
for example, separation or filtration of compound combinations combined with detection
utilizing multi-technique methods [32,33]. These estimations are subsequently tedious due
to the many middle-level handling steps associated with preparing the sample. Utilization
of silicon-graphene (sg) nanoporous composites takes into consideration an extreme cut
of all these methods, as the compounds can pre-concentrate the analyte into the porous
structure and widen the analyte signal if a proper method is utilized [34]. Table 2 shows
the application and the harmfulness of various dyes [35,36].
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Table 2. Application and harmfulness of various dyes, reprinted with permission from [35,36].

Dyes Example Advantages Toxicity

Acid Methyl orange, Sunset yellow Wool, paper, leather,
silk Carcinogenic

Cationic Rhodamine 6g, Methylene blue Paper modified
polyesters Carcinogenic

Direct Congo red, Direct red 23 Cotton, paper, leather Bladder cancer

Disperse Disperse red, Disperse orange 3 Nylon, acrylic fibers Skin allergenic

Reactive Reactive red 198
Reactive red 120 Nylon, wool, cotton Dermatitis,

allergic conjunctivitis

Vat Vat orange 28, Vat orange 50 Cellulosic fibers

By using Raman spectroscopy [28], for example, steps in sampling the water can
be removed. The specific hierarchal porous silicon graphene composites design and the
thick coating formed shape permit a “lab-on-a-chip” device to be combined with the
Raman scattering method. Samples of water can be straightforwardly stored over the
silicon graphene coatings, and toxins can be identified with the utilization of Raman
spectroscopy. Raman signal enhancement identified with the analysis can be achieved
through pure graphene-enhanced Raman scattering effect (GERS) or a combination of the
surface-enhanced Raman scattering (SERS), e.g., graphene-mediated, surface-enhanced
Raman scattering (G-SERS) given by plasmonic nanoparticles [37,38]. The affectability of
such devices can be obtained by molecular imprinting methods. This substance approach
permits framing exceptionally tiny cavities in the porous silica structures with sub-atomic
recognition capabilities. Using molecular templating techniques, silicon graphene is able
to form thick films that can be utilized for detecting dyes that mostly show the largest
analytical enhancement factor of 14.64 for Rhodamine 6G dyes for a concentration of
10−3 M [39,40]. Additionally, the same team prepared porous SG templated films for the
detection of paraoxon, an organophosphate pesticide, with the concentration of 10−5 M.
Aside from identification, composites of silicon graphene additionally react as sorbents
for the equivalent molecules of the analyte. Adsorption of organ phosphorus pesticides
(OPPs) on silicon graphene composites was researched [41].

The adsorption was helped because of the substance co-operations between the com-
posite and the functional groups; moreover, the strong π bonding between composites
and the phenyl ring preferred the adsorption. The performance of adsorption of silicon
graphene compounds was explored for various pesticides, and the capacity of removal
varied. As referred to recently, for this situation, the expansion of magnetic nanoparticles
to silicon graphene composites assumes a significant part in facilitating the recovery of the
composites. Additionally, with an extra modification in the hydrophobic surface, the ad-
sorption sites of pesticides expand [42]. Dye adsorption onto silicon graphene composites
is likewise preferred by a mixture of physicochemical adsorption routes that rely upon the
sorbent physicochemical properties.

Silicon graphene nanocomposites of the multifunctional compound were prepared
by Kubo et al., inducing a super paramagnetic nanoparticles material to the mesoporous
silica embedding graphene oxide. The nanoparticle functionalization permitted a simple
recovery of the composites by an outer magnet. Fe3O4 addition, nonetheless, caused sharp
diminishing of the area of the surface by 72% and ~15% of pore sizes, which decreased
from 305 mg/g to 125 mg/g in regard to methylene blue (MB) removal capacity [43,44].
Considering this, amino group surface functionalization of the multifunctional silicon
graphene nanocomposites might help increase the interactions for the pollutant removal.

The sorbent physical properties, e.g., pore size, surface area, and shape, give more
sites for the dyes to diffuse and secure through the pores. The performance of adsorption is
reliant additionally on the physicochemical properties of the dyes and the environmental
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media [28,45], such as different structure charges and dyes, which show unmistakable
sorption conduct in various pH conditions.

3. Heavy Metals Removal

Heavy metals are those metals which have very high density and are highly poisonous,
even at low concentrations. These heavy metals include mercury (Hg), cadmium (Cd),
arsenic(As), chromium (Cr), thallium (Tl), zinc (Zn), nickel (Ni), copper (Cu), and lead (Pb).
Municipal wastewater, industrial wastewaters, landfill leaches, mining wastes, and urban
runoff are the main sources of contamination [46,47]. Industries are the major source of
heavy metals in wastewater. The electroplating industry’s wastewater contains a great
number of metals such as Cd, Zn, Pb, Cr, Ni, C, Ag, Pd, and titanium. The wood processing
industry is also a major source of metal in wastewater. Paint and enameling industries
also release their effluents containing nickel into water bodies [48]. PCB manufacturing
industries are also a very significant source of producing metal waste [49]. Nanomaterials
of metal compounds displayed preference for heavy metals removal over activated carbon,
e.g., titanium dioxide nanoparticles in arsenic adsorption and nanosized magnetite. The
photo catalyst usage of, for example, nanoparticles titanium dioxide, was explored in detail
to decrease the toxic metal ions in water. In a survey, titanium dioxide nanocrystalline
showed adequacy in eliminating various types of As, and it was demonstrated to be the
most viable photo catalyst aside from industrially accessible nanoparticles of titanium
dioxide, which showed almost extreme efficiency of arsenic removal at a relatively neutral
pH value [50]. A titanium dioxide nanocomposite and nanoparticles of titanium dioxide
added on a graphene sheet was additionally utilized to decrease chromium VI to chromium
III in daylight. Comparatively, chromium treatment was completed by utilizing nanoparti-
cles of palladium in another survey; conventional technologies for heavy metal removal
are shown in Figure 4. The removing capacity of arsenic (heavy metal) was likewise
tested by utilizing Fe2O3 and Fe3O4 as adsorbents by most of the analysts. Removal of As
was also additionally explored by utilizing a high, particular surface area of iron oxide
nanocrystals [51].

Recently, this process was recognized widely for removal of heavy metals from
wastewater. Many cheap adsorbents were developed recently. These adsorbents are
widely used for treatment of wastewater containing heavy metals [52]. These adsorbents
are derived from the waste products generated from industrial activities, waste gener-
ated from agriculture, and natural materials [53]. Adsorption can be defined as a mass
transfer process which transfers the substance from the liquid phase to the surface of a
solid and becomes bound by physical and chemical interactions. Figure 5, illustrates some
conventional methods for removal of metal. It is a three-step treatment process: (1) the
pollutant is transferred to the sorbent surface from bulk solution, (2) adsorption occurs on
the particle surface, (3) transportation occurs within the sorbent particle. These techniques
are very cost effective: adsorption on modified natural materials, adsorption on industrial
by-products, bio-sorption [54].
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Figure 4. Conventional technologies for heavy metal removal, reprinted with permission from [52].

Figure 5. Conventional methods for removal of metal, reprinted with permission from [52].
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4. Removal of Pesticides

Low-cost adsorbents development for pesticide maintenance is a significant part of
environmental sciences research. Wastes from industries such as carbon slurry, fly ash, and
sludge are delegated as easy materials due to their minimal price, and local accessibility
pesticides removal can be utilized as adsorbents. Fly ash, lignite, coal-fired, thermal,
power station solid waste, is an easy adsorbent that demonstrated huge adsorption limit
with regard to organic contaminations [55]. Some researchers explained the sorption of
pesticides and fly ash capability and suggested its utilization for pesticides removal from
wastewater samples and water. Coal fly ash altogether has a high maintenance limit with
regard to metolachlor, atrazine, and metribuzin.

When compared with metribuzin and metolachlor, atrazine was the most sorbed. The
fly ash sorption herbicide efficiency relied upon the herbicide concentration in the mixes,
and the highest removal of herbicide was seen at lower concentrations. These are common
experiences in samples of water. At some point, when the water enters, pollution of
biodegradables goes through concentrated processes of biological disintegration. Pollution
of bio-resistant items fundamentally presents, to a lesser extent, an issue on the off chance
that they are inactive biologically or are inorganic, inert, material framing sludges that are
environmentally appropriate for benthos production and biological processes improvement.
Inorganic poisonous contamination [56] is caused by heavy metals, organic pesticides, and
so on, where nature speaks to the most unsafe kind of bio-resistant pollution.

The health risk from unsafe and hazardous chemical substances present in drinking
water is regularly characterized as the likelihood that an unfriendly impact on health will be
caused by substance exposure. The microelements interact and transport particularly heavy
metals; streams courses indicate the most complex aquatic systems. In the agricultural
region, water pollution is mainly caused by fertilizers, pesticides, and waste from poultry
processing plants, drainage from livestock farms, and so on. Particularly, pollution made
by pesticides on the row by heavy metals from fertilizers and nitrates contamination
is very dangerous. Water mineralization indicates groundwater contamination of soil
improvement on territories. Large mineral exploitation stores frequently prompt water
quality disintegration on the more extensive area around strip mines and mines [57]. A
great deal of water is commonly cleared during the depositing of drainage, and it upsets
the groundwater regime and disturbs the hydro-chemical equilibrium.

5. Key Parameters for the Pollutant Removal

Commonly, contaminations can exist in viscous crude oil forms that are mostly either
miscible or immiscible in water or as heavy metals, dyes, and pesticides of dispersible
molecules. From the accessible information, there is more to viscous oil capturing than
the actual process, and it intensely relies upon the huge composites’ porosity and density
for dissemination of fluid density via pores. Fewer viscosity solvents stream into the
pores easily, but highly viscous liquids are used to diffuse slowly. The multifunctional
composites design can be heated up through various mechanisms by using Joule effect,
which permits one to reduce the oil viscosity, allowing faster diffusion of oil into the pores
and promoting quicker removal. On the account of water-dispersible contaminations, the
elimination depends on electrostatic interactions and chemicals with the sorbent. These
may be improved by expanding the number of dynamic sites such as surface area and
charge by chemical functionalization.

Silicon graphene multifunctional composites can be surface-functionalized to enhance
the modifications with the analyte. The technique of sub-atomic is a wiser approach to
silicon graphene composites with improved performance [58,59]. The molecular cavities fo-
cus on molecules and improve the detecting capabilities of dyes. The molecular imprinting
is likewise useful for designing nanocomposites of silicon graphene for removing heavy
metals. Moreover, conditions of the environment play a critical function in the pollutant’s
adsorption.
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In general, the process of sorption relies on the physical state and the physicochemical
properties of the composite and the pollutant chemical composition in the water. The
properties evaluation versus the performance of the material is significant due to the
absence of broad availability of characterization data and associated sorption capacities,
such as specific surface areas [60,61]. Regardless of these obstructions, we distinguished the
patterns and were effective in building up connections that helped increase the performance
of the composites.

6. Nanomaterials Reuse and Retaining

Nano-adsorbent reuse and materials recovery from an aqueous solution are pro-
foundly hard and may cause problems to the environment; as the compounds are adsorbed,
pre-treatment samples must be created, and the process of separation technologies must
ensue [62]. As another option, ballistic electrons discharged from the nanostructured
adsorbent material and the nonporous carbonaceous utilizing microwave irradiation may
likewise annihilate the adsorbed compound. Nanomaterial holding and reutilization by
membrane filtration are enabled device designs of nanotechnology, key features that allow
persistent chemical usage because of the expense and general health concerns. Besides,
membranes of ceramics are beneficial compared to polymeric membranes in photo catalytic
applications, as they exceptionally oppose chemical oxidants and ultraviolet.

Nanomaterials can be controlled on different membranes and resins, thus separation
can be removed further. Vast studies are needed to propel easy, budget free techniques
for nanomaterials immobilization without influencing their performances. In any case,
the liberation potential is required to be generally reliant on the separation process and
the technique of immobilization employed. For nanomaterials, which liberate metal ions,
their disintegration must be restrained carefully [63,64]. The nanomaterial liberation
detection is a significant, specialized obstacle for hazardous assessment and remains
challenging, retaining particular nanomaterials reutilization to correct the cost process. For
a nanomaterial applicable to treat wastewater, there are two investigative requirements.
Future research with good, consistent conditions is needed to utilize various nanomaterials
efficiencies.

7. Environmental Significance and Future Application

As of now, there is no doubt of the nanomaterials usage efficiency in industrial wastew-
ater treatment, however, nanomaterials impose a huge number of genuine cons because,
during treatment processes, they may discharge into the surrounding environment, and
they can withstand serious risks for a long time. In such a manner, there is a requirement
for more studies and surveys to decrease the toxicity in the environment [40,65]. Among
different metal oxide nanoparticles, titanium dioxide, for instance, is generally utilized and
have some significant constraints and some toxic effects towards human health and the
environment, which causes difficulty in creating a sustainable environmental pollutants
removal system. In such a manner, initiatives for new findings and research should be
investigated to overcome these difficulties, and several scientists and analysts are contin-
uously attempting to defeat these obstructions [66]. A few researchers just determined a
better approach to diminish the band gap to utilize solar energy proficiently [67]. More
research is needed to build up the practical techniques for the synthesis of nanomaterials
and to determine effective areas of application in discovering the material proficiency.
Table 3 summarizes the advantages and the disadvantages of the different physicochemical
technologies for treatment of rare-earth elements in water and wastewater.

The market requirement is to restrict the costs of the procedure concerning the en-
vironmentally friendly nature of the referenced nanomaterials. Critical accentuation for
this utilization should be given to green technology by material by-products of agricul-
tural wastes. Numerous works in this area are needed in order to improve. The main
concentration of the existing research works is that their utilization is yet to occur in the re-
search [68,69]. Only a restricted amount of studies for brief market analyses and economic
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aspects is accessible. The principle market objective for the future is to improve the process
of treatment on an industrial scale, which requires a significant monetary and technological
method. In such a way, colleges and research labs can assume an effective part through a
more official way to deal with the transfer of technology and copyright protection [70–72].

Table 3. Summary of the advantages and the disadvantages of the different physicochemical technologies for treatment of
rare earth elements in water and wastewater [72].

Si.No. Removal Technologies Advantages Disadvantages

1. Chemical precipitation
Simple and safe operation

Low capital cost
Most metals can be removed

The increased operational ease disposal of
sludge

Slow metal precipitation kinetics

2. Electrocoagulation
The high particulate removal efficiency

Relatively low cost
Compact treatment facility

Sacrificial anodes need to be replaced
periodically

Sludge production
High operating cost

3. Flotation Low sludge generation
Low cost and low energy requirements

To develop the removal efficiency treatments
are required

4. Ion exchange

Selection of metals
High regeneration of materials

Less time consuming
High removal capacity

for metal removal not all resin ion exchange
is suitable

Regeneration creates a sludge disposal
problem

High Capital cost

5. Biosorption

Use of inexpensive biosorbents
Regeneration of biosorbent and low

operating cost
Selectivity and efficiency

High metal binding capacity

The potential for biological process
improvement is limited.

Separation of biosorbents is difficult after
adsorption

Early saturation

6. Ionic imprinted polymer
Stable and easy to prepare

Inexpensive
Metal selective

Polydispersity nature of the recognition sites
Difficult to characterize

8. Conclusions

Water safety is of critical importance among major areas in the universe because of
population increase, droughts drawn out, environmental changes, etc. From the literature
review, wastewater or water treatment utilizing nanomaterials is becoming a prominent
field in research. When compared with other planets, water makes our planet better. How-
ever, the overall pure water accessibility is part of what is causing current and unsurprising
demands for water. The resources of drinking water are not satisfying domestic develop-
mental, fundamental, or basic needs in many regions of the world. In particular regions,
there is a lack of pure water to satisfy the fundamental requirement for sanitation, and
human water needs are positively a breaking point in regard to the well-being of humans
and for other creatures in the world. Academicians, research institutes, research fellows,
and young scientists must discover a new way to eliminate these constraints. This universe
is confronting many difficulties in doing this, particularly given a fluctuating and environ-
mental future; a rise in population is driving community enlargement, globalization, and
urbanization. How to preeminently defeat these difficulties requires investigation in every
aspect of water management.

Nanomaterial treatment for water pollutants is becoming a trend, and it is drastically
improving in this advanced time because of entirely awful states of water and freshwater
demand in the entire universe. A significant requirement for progressive innovation for wa-
ter treatment draws near, explicitly to affirm good quality drinking water and to eliminate
micro and macro contaminations and toxins. We must improve developments of industrial
production through deftly replaceable approaches for water treatment. Nanotechnology
has manifested incredible accomplishments for water decontamination, controlling diffi-

12



Molecules 2021, 26, 2799

culties and making some progress for the future. Approaches of nanomaterials such as
nanostructured catalytic membranes, nanosorbents, and so on are extremely productive,
require less time, are eco-friendly techniques, and require less energy, however, every one
of these techniques is inexpensive, and they are not utilized at this point for the industrial
purpose of wastewater purification at an enormous scope.

Due to the high reaction rate, nanomaterials show high efficiency. In any case, there
are a few shortcomings that should be avoided. There is no digital, computerized monitor-
ing methods that offer predictable measurement on real-life facts regarding nanoparticles
prevalence, which are available in limited quantities in water. Besides, to decrease hazards
to health, international research universities and research institutes ought to plan legiti-
mate terms and conditions to solve these circumstances. Moreover, the nanoengineered
mechanical restriction for approaching water is that it is inconsistently adaptable to mass
growths, and in today’s scenario, few cases exist that are not obtrusive with moderate
treatment approaches. Moreover, there are incredible requirements to incorporate some
nanomaterials modifications, which include having large productivity and being cost
effective, simple to deal with, and environmentally friendly. It is likewise important for
wastewater treatment to grasp the economic difficulties and the commercialization of these
innovations. Various uses of nanomaterial can give a gigantic proposal to flexible drinking
water to the entire universe.
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Abstract: Layered zirconium phosphate (ZrP) is a versatile material with phosphate (POH ) groups
able to exchange inorganic and organic cations or to intercalate basic molecules. The present review
deals with the use of this material as a sorbent for heavy metal cations or dye molecules in wastewater
treatments. The possibility to combine ZrP with polymers or other inorganic materials, in order
to have suitable systems for real and large scale applications, was investigated, as well as the
combination with photocatalytic materials to obtain hetrogeneous photocatalysts for the capture and
photodegradation of organic dye molecules.

Keywords: zirconium phosphate; wastewater pollutants; ion exchange; heterogeneous photocatalysis

1. Introduction

The progress of society led, on one hand, to a significant improvement in the quality of
people’s life, but, on the other hand, to the significant anthropogenic pollution of soil, water
and air due to the intensive exploitation of natural resources. The scientific community is
called to support society in this challenge, finding realistic and effective strategies to control,
reduce and remedy environmental pollution. According to The Longman Dictionary of
Environmental Science, environmental pollution is defined as “any harmful or undesirable
change in the physical, chemical or biological quality of air, water or soil” [1].

The present review is focused on water pollution and, specifically, on the strategies to
remove some categories of common pollutants from water.

Freshwater on Earth is only 3% of the total water, and about 20% of the population live
in conditions of a lack of freshwater. According to the World Health Organization (WHO),
more than one million people consume non-potable water, with letal effects causing about
30,000 daily deaths [2].

Inorganic compounds such as phosphates and nitrates, dyes and phenolic compounds,
as well as pesticides, recalcitrant organic matter, sediments, heavy metal ions, and products
derived from pharmaceutical preparations and industrial activities (plastic, leather, textile,
paper, ceramics, glass, cosmetics, food, paints, soap, wax, biomedicine industry) are the
most common water pollutants, which are often found in water resources as mixtures,
leading to dangerous synergistic effects and complicating their detection, quantification
and removal [2,3].

Dyes and heavy metal ions are among the main water pollutants derived from in-
dustrial activities. Synthetic dyes find application in paper printing, photography, and
the pharmaceutical, cosmetic, food and textile industries, and their history started in 1856
when the first aniline dye, Mauveine, was discovered by William Henry Perkin. Dyes
possess unsaturated groups, with conjugated chemical bonds, and often complex structures
which are responsible for light absorption and emission in the visible region and for the
difficulty of removal from water [2].
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Heavy metals are defined as metals with a specific gravity above 5.0 and atomic
weight between 63.5 and 200.6. Some of them are present in the human body and are
fundamental for several biological processes, but when their concentration exceeds upper
limit values, they become dangerous for human health. Their harmful effects on humans
depend on the dosage, rate of emission and period of exposure [2,4].

The level of toxicity for the human body of some heavy metals follows the order
Co < Al < Cr < Pb < Ni < Zn < Cu < Cd < Hg [5].

Table 1 reports the main harmful effect of some heavy metals, used in industrial
activities, and their upper limit concentration in drinking water according to the the World
Health Organization (WHO) [4].

Table 1. Upper limit concentrations, according WHO in drinking water for some heavy metals and
their harmful effects on the human body [4].

Heavy Metal
Upper Limit

Concentration in
Drinking Water (mg/L)

Toxic Effects on Human Body

Lead 0.01 Harmful to heart, bones, intestines,
reproductive and nervous systems.

Copper 2
Mucosal irritation, capillary damage, hepatic

and renal damage, central nervous system
damage.

Cadmium 0.003 Bone lesions, cancer, lung insufficiency,
hypertension.

Zinc 3 Gastrointestinal effects.
Nickel 0.02 Cancer, skin allergy, lung fibrosis.

Mercury 0.001 Kidney disease, haemorrhagic gastritis and
colitis, brain damage, cancer.

Chromium 0.05 (hexavalent
chromium) Cancer, healing ulcers.

Water treatments for the removal of dyes and heavy metals include biological processes
(in aerobic or anaerobic conditions), chemical processes (such as ozonation, coagulation and
precipitation, ion exchange, electro-coagulation) and physical processes (flotation, reverse
osmosis, adsorption) [2]. Among these processes, adsorption is considered one of the most
effective and competitive and is widely used in industrial applications. In an adsorption
process, the substances of a fluid, liquid or gas bind to the external and interior surfaces of
the adsorbent material. The main advantages are low cost, high efficiency, ease of operation
and implementation, the possibility to use several solids as adsorbent materials, and the
possibility to recover the adsorbent and the adsorbate [6]. It is interesting to compare the
costs of the main technologies for wastewater treatment (reverse osmosis, ion exchange,
electro-dialysis, electrolysis) with those of the adsorption process: the first range from
10 to 450 USD/m3 treated water, while adsorption ranges from 5.0 to 200 USD/m3 [7].
Depending on the nature of the adsorbent and on its textural properties, the adsorbent–
adsorbate interaction can be physical, also called van der Waal’s adsorption (adsorption
into the adsorbent pores), and/or chemical (ion exchange or acid–base reactions). Generally
speaking, besides low cost and availability, an adsorbent material should possess chemical
and mechanical stability and good textural properties (high surface area and pore volume,
suitable functional groups) in order to guarantee high adsorption efficiency, fast kinetics,
recovery and reusage [2,7,8].

As far as the operation mode is concerned, adsorption processes are generally carried
out by batch experiments at the lab scale, while a fixed-bed operation mode is suitable
for large scale treatment applications, allowing the treatment of large water volumes in
small physical areas, without requiring additional separation operations [2,9]. Moreover,
fixed-bed columns for industrial processes have higher residence times and better heat and
mass transfer characteristics than batch reactors [9].
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Adsorption isotherm modeling is used to describe the interaction between adsorbate
and adsorbent and how the adsorbate is distributed between the solution and the solid
phase at the equilibrium state. Experimental data can be fitted by several adsorption
isotherm models, among them Langmuir, Freundlich, and Sips [10–13]. The Langmuir
model is based on the formation of an adsorbate monolayer at the outer surface of the
adsorbent. According to this model, all the adsorption sites are energetically equivalent
and identical.

Differently, the Freundlich isotherm is based on a heterogeneous adsorption with
different adsorption energies.

The Sips model consists of the combination of the Langmuir and Freundlich isotherm
models. The Sips model reduces to the Freundlich isotherm at low metal ion concentrations,
while at high metal concentration it follows the Langmuir isotherm.

Kinetic studies also play an important role in the characterization of an adsorption
process, since they provide information about the uptake rate of the adsorbate and, hence,
on the efficiency of the adsorption process. Experimental data can be validated, among
others, by pseudo-first order, pseudo-second order or intraparticle kinetic models [14,15].

According to Crini et al., adsorbent materials can be classified as conventional and
unconventional materials [8,9,16].

Among conventional adsorbents, activated carbons, inorganic materials such as ac-
tivated aluminas, silica gel, zeolites, and ion-exchange resins are included [17,18]. Un-
conventional adsorbents include materials from agricultural and industrial waste, natural
materials such clays, biosorbents such as chitosan, and miscellaneous adsorbents such
as alginates [8,9,19–24]. These sorbents have the advantage of being low-cost or free of
cost materials. In addition to these, other unconventional materials have been investi-
gated, among them graphene, carbon nanotubes, Metal Organic Frameworks, and layered
zirconium phosphates [25–30].

Layered zirconium(IV) phosphates are a well known class of inorganic materials,
whose intercalation and ion exchange properties are widely investigated [31]. Their chemi-
cal and thermal stability, the availability of several synthetic procedures, the possibility to
easily tune its properties by changing the synthetic approach, the possibility to easily bind
functional groups on the layer surface and their ability to uptake cations, both inorganic
and organic, and basic molecules stimulated the interest in this class of compounds as
potential and unconventional materials for the removal of heavy metals and dye from water.
As proof of this, several papers reported their use for the removal of heavy metals and
dyes from water. Nevertheless, to the best of our knowledge, specific reviews dedicated to
the use of zirconium phosphates in pollution remediation were not found in the literature,
except for the paper by Pandith et al., published in 2020 [32], that, however, was dedicated,
among other things, just to the metal uptake by zirconium phosphate, while concerns about
dye uptake were not addressed.

On the basis of these considerations, it seemed of interest for the scientific community
to gather/collect the recent studies on water treatment by using zirconium phosphates for
pollutants’ removal, specifically heavy metal cations and dyes.

2. Structure of Zirconium Phosphate

The history of zirconium phosphate compounds started in the 1950s, when the first
papers on their use as sorbents for metal cations were published [33–35].

Zirconium phosphates can be classified according to their crystal structure. One-
dimensional, two-dimensional and three-dimensional structures are known [36] and,
among these, α-type layered structures are the most studied as cation exchangers and
intercalation hosts [31,37–39].

Zirconium phosphate of α-type (Zr(HPO4)2 H2O, ZrP) is made of layers in which
the Zr atoms bond monohydrogenphosphate groups, with the P-OH groups pointing in
the interlayer region, alternatively below and above the main plane. Six phosphates are
coordinated to a Zr atom through oxygen atoms, and the oxygens of each phosphate are
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shared with three Zr atoms. Water molecules are located between the layers in six-sided
cavities and form hydrogen bonds with the P–OH groups of the same layer [31].

The interlayer distance of ZrP is 7.56 Å and the presence of protogenic–OH groups is
responsible for its cation exchange properties, and both inorganic and organic cations can
be inserted in the interlayer region [31].

Microcrystalline ZrP has an ion exchange capacity of 6.6 meq/g. Generally, about half
of the protons are exchanged at relatively low pH, with the formation of a half-exchanged
phase which is converted in the fully exchanged phase at higher pH (neutral or slightly
basic). Moreover, the protons of the P–OH groups can react with bases, leading to the
intercalation of basic molecules [31].

ZrP is a highly versatile material, whose properties are strictly connected to its struc-
ture and degree of crystallinity which can be controlled by changing the synthetic conditions.

Amorphous, microcrystalline and nanocrystalline materials were obtained in differ-
ent conditions. Amorphous gel materials were generally obtained by reaction between
phosphoric acid and zirconyl chloride in water, without using any complexing agent for
Zr(IV) [33–35,40], while post treatments of amorphous ZrP produced powders, granules
and thin films [41,42]. Sol–gel and template methods were also developed in order to
produce ZrP materials with different morphologies and porosity [43–50].

By refluxing amorphous ZrP in the presence of concentrated phosphoric acid, micro-
crystalline materials were obtained [51]. Alternatively, microcrystalline ZrP was prepared
by Alberti et al. through hydrothermal synthesis by the slow decomposition of ZrF6

2-

complexes in the presence of phosphoric acid [52]. Chuah et al. proposed a modification of
this hydrothermal method in the presence of small amounts of fluoride ions, leading to
platelets and rods [53]. Alternatively to fluoride, oxalate anions were used as complexing
anions for Zr(IV) [54].

Nanocrystalline ZrP was prepared by Pica et al. by using a quick procedure, consisting
of mixing, at room temperature, zirconyl propionate and concentrated phosphoric acid in
aliphatic alcohols [55]. A gel product was obtained, containing ZrP nanoparticles with an
average planar size of tens of nanometers. By heating the gels to dryness, nanocrystalline
ZrP, consisting of nanoplatelets with an average planar size of hundreds of nanometers,
was obtained for phosphate to zirconium molar ratios higher than 4.

Amorphous, microcrystalline and nanocrystalline ZrP were investigated as sorbent
materials for heavy metals and dyes, and in the following sections these applications
are discussed.

3. Removal of Heavy Metals

Amorphous ZrP, prepared by the reaction of zirconyl chloride, dissolved in HCl
solution, with phosphoric acid at room temperature, was employed by Pan et al. for the
removal from water of heavy metal cations, specifically lead, zinc and cadmium [40]. The
ion exchange properties of ZrP were evaluated, finding that about half of the total amount
of protons, corresponding to 3.04 meq of H+ per gram, is released into the solution at
pH < 7, which is indispensable for the removal of heavy metals because most of heavy
metals precipitate in solution at alkaline condition. Batch sorption tests, carried out at
30 ◦C by adding ZrP to a solution containing the selected heavy metals, proved that
protons are stoichiometrically exchanged with the heavy metal cations, according to the
following reaction:

Zr(HPO4)2 +
1
2

M2+
⇆ ZrM 1

2
H(PO4)2 + H+ (1)

Moreover, it was found that the sorption capacities of the three heavy metal ions
decreased with increasing the pH solution, in agreement with the Le Chatelier Princi-
ple. The affinity order of ZrP for the cations, determined by sorption isotherms, was:
Pb2+ > Zn2+ ≈ Cd2+. The authors speculated that, among other factors, this order could
also be affected by the hard and soft properties of the involved species, according to the
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hard and soft acids and bases (HASB) theory [56–58]. Lead ion, as a Lewis acid, lies be-
tween hard and soft ones and preferably interacts with orthophosphate ion, a Lewis base
also in borderline, while cadmium, a soft acid, presents weaker interaction with ZrP and
consequently exhibited low selectivity.

Regeneration efficiencies, evaluated by the treatment of the cation-exchanged ZrP
samples with HCl, were 95.3%, 99.6%, and 99.9% for ZrP loaded with Pb, Zn, and Cd,
respectively. However, it should be pointed out that the synthetic procedure used for the
synthesis of amorphous ZrP produced ultrafine particles that cannot be directly used at
large scale in column operation, due to the unacceptably high pressure drop.

To overcome this problem, hybrid sorbents, made of ZrP particles immobilized onto
porous materials or dispersed in a polymer matrix, were proposed for large-scale applications.

In the following, ZrP combined with polymers or other inorganic materials will
be described.

3.1. ZrP–Polymer Composites

Several examples of sorbents based on polymer composites, consisting of ZrP particles
dispersed in a polymer matrix, are reported in the literature. Charged and uncharged
polymers were used, also offering, among other things, the advantage to in situ precipitate
ZrP particles.

Pan et al. prepared a hybrid sorbent by loading ZrP particles onto a polystyrenesulfone
cation exchanger D-001 [59]. D-001 was selected as the host material due to the presence
of a negatively charged sulfonic acid group, which would improve the permeation of the
targeted metal ions. As a matter of fact, D-001 is recommended by the US Environmental
Protection Agency as the best available material for heavy metal contamination control [59].

The composite material (hereafter ZrP-001) was prepared by adding D-001 to a solution
of ZrOCl2 in HCl. After the evaporation of HCl, H3PO4 was added to precipitate ZrP. The
ZrP wt% was 33% and its incorporation onto D-001 caused a decrease in the surface area
and pore volume of the polymer matrix.

The ZrP-001 composite presented two different exchangeable sites for the uptake of
heavy metals: the sulfonic group of D-001 and the phosphate groups of ZrP, according to
Equations (1) and (2):

R − SO3H + 1/2M2+
⇆ RSO3M0.5 + H+ (2)

The ion-exchange capacity value of the composite, determined experimentally, was
3.20 meq/g, which was less than that calculated (4.07 meq/g) at neutral pH, but slightly
higher that that found for ZrP in ref. [40].

Both batch and column sorption tests were carried out. From batch experiments,
the uptake of the heavy metals at pH less than 0.5 was negligible, in agreement with
the fact that the used ZrP-001 might be regenerated by strongly acidic solution, while at
higher pH solution (under acidic or neutral conditions) the uptake was more favourable
and higher than that of D-001; the same preference order found in ref. [40] was observed
(Pb2+ > > Zn2+ ≈ Cd2+).

Fixed-bed column adsorption tests for the heavy metals were carried out in the
presence of competing cations (Na+, Ca2+, and Mg2+) and confirmed the more efficient
sorption of heavy metals on ZrP-001 than on D-001, despite its lower ion exchange capacity
(3.2 vs. 4.2 meq/g), and the higher selectivity of ZrP-001 for heavy metals with respect to
innocuous cations. Moreover, less than 1% loss of ZrP in ZrP-001 beads was detected after
five-column cycles.

A mesoporous polystyrene (MPS) matrix was also used to immobilize ZrP [60]. Ac-
cording to this procedure, the MPS host was first prepared by a flash freezing method,
which allowed the acquisition of spherical beads of 1.5–2.0 mm in diameter, with abundant
uniform pores of around 7.9 nm. MPS was then immersed into ethanol solutions containing
ZrOCl2, followed by evaporation to promote the diffusion of [Zr(OH)2(H2O)4]2+ cations
inside the nanopores of the MPS host. The beads were then incubated with H3PO4 solution
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to induce the in situ growth of the ZrP nanoparticles. The ZrP loading in ZrP@MPS was
about 7% in Zr mass and ZrP nanoparticles with an average diameter of 6.5 nm were
well dispersed in ZrP@MPS. XRD and 31P-MAS NMR analyses revealed the coexistence of
α-ZrP and γ-ZrP and this was a quite surprising result, since γ-ZrP is normally obtained
by boiling, under reflux conditions, an amorphous gel for several weeks [61].

The authors first evaluated the adsorption reactivity of both α-ZrP and ZrP@MPS
toward Pb2+. They found that pure MPS exhibited negligible adsorption toward heavy
metals; moreover, the adsorption distribution coefficients Kd of ZrP@MPS were much
higher (10–90 times higher) than those of α-ZrP. On the basis of the XPS studies, the authors
proposed that ZrP@MPS adsorbed PbII mainly through the inner-sphere coordination rather
than through an electrostatic interaction. They also examined the selective adsorption of the
sample toward a series of heavy metal cations (Pd, Cd, Ni) in the presence of much higher
concentrations of competing mineral cations, e.g., Ca2+, in real contaminated water. With
respect to other systems [59], the adsorption capacities toward heavy metal cations are less
disturbed by Ca2+ (≈100%, >70%, and >40% for Pb2+, Cd2+, and Ni2+, respectively), even
at high Ca concentrations; the authors speculated that the higher affinity of the sorbent
material toward heavy metals was mainly due to the kind of interaction between them:
the specific inner-sphere coordination interaction between ZrP@MPS and heavy metal
cations favoured the selectivity toward heavy metals more than nonspecific electrostatic
attractions. ZrP@MPS was also used to treat simulated polluted water containing Pb2+ in a
continuous column mode. A commercial D001 sample was used in parallel. The results
showed that the D001 column produced clean water with a mass of ≈1500 times over
the adsorbent mass, while the ZrP@MPS column was able to generate clean water with a
mass of 7200 times over the adsorbent mass in each run. Finally, the ZrP@MPS absorbent
material could be easily and effectively regenerated by treating the fully adsorbed sample
with hydrochloric acid.

Polysulfide (PSF) capsules containing zirconium phosphate were prepared by Li et al.
for the removal of Pb2+ ions from aqueous solutions [62]. Amorphous ZrP was prepared
according to ref. [40], while PSF@ZrP capsules were prepared by the phase inversion
precipitation technique. N-methylpyrrolidone was used as a solvent to dissolve PSF and
disperse ZrP, while sodium dodecylsulfate in ethanol–water solution was used to form
the PSF@ZrP capsules. Capsules with different PSF/ZrP mass ratios were prepared. The
characterization of the PSF@ZrP capsules revealed the amorphous nature of ZrP and that
their surface area was lower than that of the pure PSF capsules, due to the blockage of
a fraction of the pores by the inorganic material. SEM images showed the presence of
spherical capsules with a rough surface and with ZrP particles uniformly dispersed from
the outer surface to the inner part of the capsules.

Adsorption experiments were carried out by using a batch method, and the effect
of pH, contact time, initial concentration, temperature and competing ions was studied.
Pure PSF capsules had an extremely low affinity to Pb2+. The lead adsorption significantly
increased from 12 to 62 mg g-1 with increasing the ZrP mass ratio in the capsules from 1:0
to 1:1 (PSF to ZrP). However, a further addition of ZrP up to 1:1.5 (PSF to ZrP) provoked
a decrease in the adsorption capacity for Pb2+. On the basis of these results, the authors
selected the capsule with PSF/ZrP mass ratio = 1 to continue the study. The optimal
pH condition for Pb2+ uptake was the original pH of the solution, that is, 5.75. Stronger
acidic conditions did not favor the adsorption, suggesting that the PSF@ZrP capsules
may be regenerated in strong acidic conditions. The equilibrium time was independent
of the initial Pb2+ concentration. Moreover, the initial rate of adsorption increased with
increasing the initial Pb2+ concentration because of the increased driving force, resulting
from the difference between the Pb2+concentration in the solution and onto the capsules.
Although the amount of Pb2+ adsorbed at equilibrium increased from 56 to 102 mg g−1

with increasing the Pb2+ concentration from 100 to 300 mg L−1, the removal percentage of
Pb2+ from solution decreased from 56% to 34%.
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PSF@ZrP capsules showed satisfactory affinity to bind Pb2+ with respect to other
similar reported sorbents, such as alumina and modified alumina [63,64]. Furthermore, the
maximum uptake amount of the PSF@ZrP capsules is over hundred times larger than that
of ZrP modified silica [65].

The effects of competing cations such as Na+ and K+ on the Pb2+ uptake onto the
PSF@ZrP capsules were also studied, finding that the amount of Pb2+ sorbed onto the
PSF@ZrP capsules was slightly influenced when the concentration of the coexisting ions
was low, while it decreased as the concentration of Na+ and K+ was hundreds of times
more than that of Pb2+. Finally, adsorption re-generation cycles were performed six times
with no significant loss of adsorption capacity.

Macroporous polystyrene resins, with different functional groups, i.e., -CH2Cl, -SO3H,
and -CH2N+(CH3)3, were also used to encapsulate ZrP nanoparticles, thus obtaining three
nanocomposite adsorbents (denoted as ZrP–Cl, ZrP–S, and ZrP–N, respectively) for lead
removal from water [66].

The host polymers with -SO3H and -CH2Cl functional groups were, respectively,
prepared from polystyrene–divinylbenzene copolymer (St–DVB) by reaction with concen-
trated sulforic acid (hereafter S–St–DVB) and chloromethyl ether with zinc chloride as
the catalyst (hereafter Cl–St–DVB), while -CH2N+(CH3)3 groups were introduced by the
reaction of Cl–St–DVB with trimethylamine solution (hereafter N–St–DVB).

Polymer composites were prepared by immersing Cl–St–DVB, S–St–DVB, or N–St–
DVB beads in ethanol solution containing different amounts of ZrOCl2. Then, each ZrOCl2-
loaded polymer was treated with H3PO4 solution. The ZrP wt% in each composite was
about 20 wt%.

TEM images of the three nanocomposites showed that both ZrP–S and ZrP–N con-
sisted of ZrP nanoparticles with an average size of about 10–40 nm. Obvious particle
agglomerates were observed within ZrP–Cl (20–140 nm). The authors suggested that the
presence of negatively or positively charged functional groups in the polymeric supports
was more favourable than the neutral chloromethyl group to form small ZrP nanoparticles.
In other words, nanoparticle dispersion or aggregation is greatly associated with both
van der Waals attraction and electrostatic double-layer repulsion interaction between the
particles. The repulsion interactions between adjacent nanoparticles generally dominate the
extent of their aggregation and particle size distribution. As proof of that, ZrP–N and ZrP–S
had similar absolute values of zeta potential, which were higher than that of ZrP–Cl, in
agreement with the improved ZrP dispersion of the two former nanocomposites. Sorption
isotherms of Pb(II) by the three composites, in the presence of Ca(II) as a competing cation,
showed that the sorption capacities were in the sequence of ZrP–S > ZrP–N > ZrP–Cl. The
observed trend can be explained by considering both the ZrP particle size and the nature
of electrical charge immobilized on the polymer surface.

The authors also evaluated the mechanical properties of the composites in light of
their importance to improve their feasibility for practical application. On the basis of the
sorption tests, S–St–DVB was selected as the host material to fabricate several composite
adsorbents with different amounts of ZrP. Then, the mechanical strength of the resulting
composites was examined in terms of compressive strength and compared with the pure
S–St–DVB host polymer, finding that the maximum compressive strengths (MCS) of all the
resulting nanocomposites were greatly improved with respect to that of the host polymer;
the optimum nano-ZrP loading was about 5 wt%.

Alam et al. validated the ion exchange process on a composite cation exchanger based
on nylon 6,6 and ZrP for a practical application in the wastewater treatment process [67].
ZrP was prepared by the reaction of zirconyl oxychloride with H3PO4 at pH = 1. Nylon 6,6
gel, obtained by treatment with concentrated formic acid, was added to ZrP and mixed
thoroughly with constant stirring. Composite cation exchanger particles of mean radii
of 125 nm in H+ form were used to evaluate various kinetic parameters with heavy toxic
metal pollutants such as lead, cadmium, zinc and copper. Kinetic studies were carried out
at various temperatures under particle diffusion controlled phenomena. Various kinetic
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parameters such as self-diffusion coefficient (Do), energy of activation (Ea), and entropy
of activation (∆S*) were evaluated to validate the ion exchange process. It was found that
equilibrium is attained faster at a higher temperature with the particle diffusion controlled
phenomenon. Moreover, the diffusion coefficient for the four heavy metal ions studied
on ZrP composites followed the order Cu2+ > Pb2+ > Zn2+ > Cd2+, also confirmed by the
highest ∆S* value for the H(I)–Cu(II) exchange.

Polyaniline (PANI) was used to prepare composite films loaded with ZrP platelets
for potential-triggered adsorption of Pb2+ ions [68]. A highly crystalline α-ZrP was first
synthesized by the hydrothermal method and then exfoliated by tetrabutylammonium
hydroxide. ZrP nanosheets/PANI was deposited on a carbon nanotube modified Au
electrode in aqueous solution by the electropolymerization of aniline, in the presence of
ZrP, by the cyclic voltammetry (CV) method. The presence of CNTs had the advantage of
increasing the roughness of the electrode surface, thus promoting the electrodeposition
of ZrP/PANI. At the reduction state of CV, a quinonoid amine (=N-) of PANI seized the
proton from the α-ZrP nanosheet to form benzenoid amine (NH) [69], leading to PO- Pb2+

interactions. The incorporation and release of ions in the hybrid film was studied by the
electrochemical quartz crystal microbalance (EQCM) technique, by in situ detection of the
mass change of the film because of the charging and discharging associated with the ion
exchange process between the film and electrolyte. It was found that, while the pure PANI
film behaved as an anion exchanger, the α-ZrP/PANI hybrid film behaved as a cation
exchanger. The mass increased when the composite film was reduced due to the insertion
of Pb2+ ions into the film to neutralize the reduction centers. During the oxidation of the
film, the Pb2+ ions were released into the solution to maintain charge balance and resulted
in the mass decrease. A set of CV/EQCM experiments was conducted to quantify the
preferential Pb2+ selectivity in the presence of Ni2+, Cd2+, Zn2+ and Co2+ ions. The ion
adsorption selectivity follows the sequence of Pb2+ > Ni2+ > Co2+ > Cd2+ > Zn2+, and the
adsorption capacity towards Pb2+ ions was at least four times higher than that of other
heavy metal ions.

Chen and coworkers fabricated a zirconium phosphate modified polyvinyl alcohol-
polyvinylidene fluoride, (PVA)-PVDF, membrane for lead removal [70]. The zirconium ions
and PVA were firstly coated onto a PVDF membrane through crosslinking reactions with
glutaraldehyde, which was then modified by phosphate. Lead adsorption was studied by
batch experiments. It was found that lead adsorption increased with an increase in pH up to
pH = 5.5. The adsorption isotherms, studied at pH 5.5, showed that the experimental data
were better described by the Langmuir equation than the Freundlich equation, suggesting
that the adsorption sites onto the membrane are relatively homogenous. The maximum
adsorption capacity was 121 mg-Pb/g at pH 5.5 for lead simulated water (prepared by DI
water). A good selectivity in the adsorption towards lead with respect to zinc was also
found, with a selectivity coefficient of lead/zinc around 10. Four cycles of adsorption and
desorption were conducted to test the reusability of the modified PVDF membrane. After
four cycles, the adsorption capacity was still as high as 95.6% of the virgin membrane in
the first cycle.

An interesting paper by Hasan et al. reported the use of cellulose membranes coated
with α-ZrP nanoparticles (α-ZrP-n) for the removal of heavy metals from wastewater [71].
The composites were prepared by spraying an aqueous dispersion of commercial ZrP
nanoparticles, with an average particle size diameter of 100 nm, onto the surface of the
pure cellulose membranes. Leaching tests proved that ZrP strongly interacted with cel-
lulose, since no traces of Zr were found after the immersion of the membrane in water
for 24 h. Moreover, mechanical tests showed that the presence of ZrP nanoparticles did
not negatively affect the mechanical properties of cellulose fibers, while a decrease in the
membrane porosity was observed with increasing the α-ZrP-n concentration, also leading
to a reduction in water flux.

The synthetic wastewater sample containing heavy metals (Ni, Zn, Pb, Cu) was filtered
using both the pristine cellulose and α-ZrP-n coated membranes using vacuum filtration.

24



Molecules 2021, 26, 2392

At pH = 7, all composite membranes exhibited a removal percentage of all heavy metals
higher than that of pure cellulose. The best results were obtained with Pb2+, reaching a
percentage of removal of about 60% with the membrane containing 1 wt% of α-ZrP-n.

3.2. Other ZrP Based Materials

In order to improve the textural properties ZrP, making it more suitable for large
scale applications, several synthetic approaches were developed. In some cases, ZrP was
combined with other inorganic materials and synergistic effects were observed.

Parida et al. proposed a titania pillared zirconium phosphate to remove hexavalent
chromium from aqueous solutions by solar radiation [72]. Titania is a well known pho-
tocatalyst under UV light acting as a reducing agent able to reduce the harmful Cr(VI)
to the less harmful Cr(III). Titania pillared ZrP was prepared from Na-exchanged ZrP
following the procedure reported by Yamanaka et al. [73]. First, titania sol was prepared
by the hydrolysis of titanium(IV) isopropoxide by HCl. Then, an aqueous suspension of
sodium-exchanged ZrP was added to the sol. The suspension was filtered, washed and
calcined at 500 ◦C. Composites with titania loadings in the range 1–10 wt% were prepared.

The photo-reduction of Cr(VI) was performed in batch. The solution was exposed
to sunlight in closed flasks at room temperature with constant stirring. The effect of
EDTA and 4-nitrophenol, as sacrificial electron donors, was also studied, keeping all other
parameters fixed.

It was found that the photo-reduction of hexavalent chromium was strongly depen-
dent on pH. The highest reaction rate was obtained at acidic pH (1–2). Moreover, by
increasing the titania loading up to 2 wt%, the initial rate of the Cr(VI) photoreduction
increased, and this could be due to the fact that an increase in titania resulted in higher sur-
face area, which allowed more Cr(VI) species to be adsorbed on the surface, thus facilitating
the photo-reduction process. Differently, the rate of photo-reduction of Cr(VI) decreased
with increasing the initial Cr(VI) concentration. The percentage of photoreduction reached
100% at a lower Cr(VI) concentration (<10 mg/L). By increasing the catalyst dose or the
irradiation time, the rate of photo-reduction of Cr(VI) initially increased; thereafter, it
remained almost constant.

By comparing the effects of sacrificial electron donors such as EDTA and 4-nitrophenol,
a significant effect was observed for EDTA. Moreover, experiments were also carried out by
varying the atmosphere of the photo-reduction process by bubbling N2, O2 and air, finding
that, among them, N2 had the most significant effect on the photo-reduction, while the
dissolved oxygen had no effect or very negligible effect on the photo-reduction process.

Graphene oxide–zirconium phosphate (GO–ZrP) nanocomposite was proposed by
Pourbeyram as an adsorbent for the removal of Pb(II), Cd(II), Cu(II), and Zn(II) from
aqueous solutions [74]. The GO–ZrP composite was prepared by the dropwise addition
of zirconium chloride to a GO suspension under sonication, followed by the addition of
sodium dihydrogen phosphate. The adsorption of phosphate on the surface of GO–Zr was
represented schematically as follows (Figure 1):
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Figure 1. Schematic representation of ZrP bonded to the surface of graphene oxide (GO) ([74], with
permission of ACS).

The transmission electron microscopy (TEM) images of the GO–ZrP nanocomposite
revealed the presence of ZrP nanoparticles of ∼1–2 nm in diameter. The nanoparticles
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were well distributed, with a high density on the GO surface and interparticle distances in
the range of ∼3–5 nm.

The adsorption of heavy metals was performed in a batch experiment. GO–ZrP
nanocomposite was added to a solution containing Pb(II), Cd(II), Cu(II) and Zn(II), at
desired initial concentrations. The effect of pH on the adsorption of heavy metals was
studied in the pH range of 1–8. At the range of pH 3–6, high and relatively constant
adsorption capacity was observed. It was found that, for all metals, the adsorption occurred
in two different steps. During the first 10 min, the adsorption increased rapidly. After
that, adsorption increased gradually and finally reached equilibrium after 20 min. After
adsorption, a tendency of the nanocomposite to agglomerate and precipitate was observed.
Moreover, the maximum adsorption capacity of GO was much lower than that for the
GO–ZrP nanocomposite. On the other hand, on the GO–Zr nanocomposite, no adsorption
of heavy metals was observed under the same conditions.

The amount of heavy metals adsorbed on the nanocomposite increased by increasing
the initial concentration of the heavy metals in the range of 10–200 ppm, and then, the sor-
bent was finally saturated by a relatively constant amount of the heavy metals (∼200 ppm).
The results of batch experiments indicated that the maximum adsorptions for Pb(II), Cd(II),
Cu(II), and Zn(II) at pH 6 were 363, 232, 329, and 252 mg g−1, respectively, corresponding
to 3.5, 4.1, 10.4, and 7.7 meq g−1, respectively. Moreover, the removal of heavy metals at
lower amounts of sorbent took more time than that at higher amounts.

Adsorption isotherms showed that the process occurred at the functional groups/binding
sites on the surface of the GO–ZrP nanocomposite, according to a monolayer adsorption. It
was found that the adsorption capacity of the GO–ZrP nanocomposite was significantly
higher than that of the most part of adsorbents. A possible configuration of the adsorption
of metal ions (M) can be represented schematically as follows (Figure 2):
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Figure 2. Schematic representation of the adsorption of a metal ion onto GO–ZrP ([74], with permis-
sion of ACS).

The desorption study showed that the GO–ZrP nanocomposite was effectively regen-
erated (∼100%) by the treatment of metal ion-loaded nanocomposite with 3 M HCl for ∼10
min. The nanocomposite was easily separated from the system via centrifugation. The high
adsorption efficiency performance was maintained after being used for at least five cycles.

Besides inorganic compounds, organic molecules with high metal affinity were com-
bined with ZrP to fabricate composite adsorbents with improved properties. On this
regard, the ability of crown ethers to recognize cations in a selective fashion has been
known since the 1970s [75], as well as their ability to interact with zirconium phosphates
through covalent and uncovalent interactions [76,77]. Peng and coworkers fabricated a new
organic–inorganic layer α-ZrP composite by the intercalation of 4-amino-benzo-18-crown-6
(AM–ZrP) to remove radioactive 90Sr from solution [78]. This crown ether was cho-
sen since it has a strong complexing ability for Sr2+. α-ZrP was prepared by the fluo-
rine reflux method. The intercalation of 4-amino-benzo-18-crown-6 was carried out on
ZrP pre-intercalated with butylamine (BU–ZrP) in order to enlarge the interlayer region
and promote the intercalation of crown ether. The authors speculated that the arrange-
ment of 4-amino-benzo-18-crown-6 in the layer structure of α-ZrP comprised double
inclined layers, which is one of the best modes that could load the maximum amount of
4-amino-benzo-18-crown-6.

The AM–ZrP composite exhibited excellent stability under acid and radioactive con-
ditions: this is an important key factor for application in nuclear wastewater disposal, as
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most 90Sr exists in acidic fission solution produced by dissolving uranium targets in strong
HNO3 solution. The intercalation of crown ether in ZrP also efficiently decreased its loss in
the adsorption process.

The adsorption of Sr2+ by α-ZrP, BU–ZrP and AM–ZrP was measured in aqueous
solution. Isotherm studies proved that the adsorption data were best fitted by the Langmuir
model, indicating that Sr2+ adsorbed onto α-ZrP, BU–ZrP and AM–ZrP materials forms a
monolayer. The maximum adsorption capacity of Sr2+ onto α-ZrP, BU–ZrP and AM–ZrP
is 63.14 mg g−1, 162.36 mg g−1 and 320.14 mg g−1, respectively, at pH = 5. Moreover,
adsorption kinetics of Sr2+ on α-ZrP, BU–ZrP and AM–ZrP showed that about 90% of
Sr2+ ions were removed within the first 60 min, with equilibrium gradually reached in
approximately 150 min. It is noteworthy that the adsorption capacity of AM–ZrP is higher
than that of other similar zirconium adsorbents [78].

The study of Sr2+ uptake by AM–ZrP in the presence of other metal cations from
Li, Na, K, Mg, Cs, Pd, Mo, Zr, Ca, and Ba proved its excellent selectivity for Sr2+, which
is mainly due to the complexing action, rather than ion exchange and surface physical
adsorption. Unfortunately, the authors did not report information about the performances
of AM–ZrP in column separation and nuclear wastewater disposal processes.

Melamine is a N-rich chelating molecule, which was investigated in heavy metal
capture [79,80]. El-Shall et al. studied melamine zirconium phosphate (M–ZrP) adsorbent
for the extraction of heavy metals from polluted water [81]. M–ZrP was prepared in two
steps: first, melamine phosphate (MP) was prepared by the acid–base reaction between
phosphoric acid as a proton donor and melamine as a proton acceptor. Then, zirconium
tetrachloride was added to form amorphous ZrP. TEM images show that M–ZrP consisted
of small particles connected together in mesoporous structures with a Brunauer–Emmet–
Teller (BET) surface area of 320 m2 g−1.

The adsorption capacity of M–ZrP was tested for Pb(II), Hg(II) and Cd(II). It was
found that the M–ZrP adsorbent shows exceptionally high adsorption affinity for Pb(II)
with a capacity of 681 mg g−1 and 1000 mg g−1 using an adsorbent dose of 1 g L−1 and
2 g L−1, respectively. The high adsorption capacity is also coupled with fast kinetics with
an equilibrium time, required for the 100% removal of Pb(II), of the order of seconds and
minutes, depending on the metal concentration.

In a mixture of six heavy metal ions, the removal efficiency was 100% for Pb(II), 99%
for Hg(II), Cd(II) and Zn(II), 94% for Cu(II), and 90% for Ni(II) at a lower concentration,
while at a higher concentration the removal efficiency for Pb(II) was 95% compared to 23%
for Hg(II) and less than 10% for the other ions.

Despite the difficulties of using pure ZrP as a metal sorbent in a continuous operation
mode on a large scale, it is noteworthy that researchers worked to develop strategies to
optimize the particle morphology and textural properties of ZrP in order to improve, on
one hand, its uptake capacity and, on the other hand, to make it more suitable for large
scale applications.

Nakanishi et al. fabricated hierarchically porous ZrP monoliths combining micrometer
order macropores and nanometer order mesopores [82]. Monoliths were prepared by a sol–
gel process in which zirconium oxychloride reacted with phosphoric acid in the presence
of suitable amounts of poly(ethylene glycol) (PEO) and polyacrylamide (PAAm) in order
to induce phase separation during the sol–gel process. A macroporous co-continuous struc-
ture was obtained only when both polymers were added together into the starting solution.
Mesopores, with an average mesopore size of 5 nm, were found in the supercritically dried
ZrP monoliths. A syringe device with the tight-fit ZrP monolith was designed to efficiently
treat contaminated water under a continuous flow condition. In each run, a metal salt
solution was introduced through the syringe device to investigate the efficiency of ion
adsorption, even at high ion concentrations. Altogether, eight kinds of metals were used,
including Ag+, Cs+, Sr2+, Cu2+, Zn2+, Pb2+, Cd2+ and Fe3+. The ZrP monolith showed the
highest selectivity for Cu2+, Pb2+ and Fe3+ and the lowest for Ag+.
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An egyptian zircon mineral was used by Ali for the synthesis of ZrP and its use
for uptaking uranium was studied [83]. Zirconium chloride solution was obtained by
Rosetta zircon and used for the synthesis of ZrP by reaction with sodium dihydrogen
phosphate. The desired particle size (30–60 mesh) was selected by grinding and sieving.
An amorphous ZrP material, with P:Zr molar ratio = 2:1, was obtained and used for U(VI)
adsorption tests. It was found that U(VI) adsorption increased with increasing pH and
reached a maximum (98.5%) at pH 5, and then declined sharply as pH was further increased.
Moreover, 30 min was chosen as the optimum time where adsorption equilibrium reached
about 98%. Kinetic studies showed that the adsorption process of U(VI) on ZrP can be
expressed by a pseudo-second-order kinetic model. Thermodynamic studies revealed that
the optimum temperature for U(VI) uptake was 298 K, and the positive value of ∆S reflected
the good affinity of uranium ions towards the sorbent and the increasing randomness at
the solid–solution interface during the adsorption process. U(VI) uptake was also studied
in the presence of other metal ions (Cu, Ni, Fe, Th, and Pb). Moreover, it was found that
the uranium uptake efficiency slightly decreased in the presence of competing ions, but it
remained preferred with respect to the other cations. Adsorption isotherm studies revealed
that the Langmuir isotherm described the system more adequately than the Freundlich
isotherm and, according to that model, the adsorption occurred uniformly on the active
sites of the sorbent, and once a sorbate occupied a site, no further sorption could take place
at that site. A case study was carried out by using a Gattar leach liquor solution contacted
with ZrP for 30 min at room temperature and the pH adjusted at 2–3. After pH adjustment
and equilibration, the recovered solution was analyzed for the uranium concentration and
it was found that the adsorption efficiency of ZrP was about 70%. It is also noteworthy that
ZrP prepared from zircon mineral was more efficient than ZrP prepared from H3PO4 and
ZrOCl2.8H2O (98% vs. 76.5%).

Pandith et al. prepared agglomerated spherical alpha zirconium phosphate nanopar-
ticles by a facile and rapid microwave hydrothermal approach in the absence of any
complexing or structure directing agent and tested their efficiency in the removal of ra-
dioactive 137Cs+ and 90Sr2+ ions from aqueous systems [84]. FTIR, X-Ray diffraction and
BET analysis confirmed that the formation of α-ZrP occurred, with an average crystallite
size of 3–4 nm, a mesoporous structure and a specific surface area of about 500 m2 g−1. The
removal of radioactive ions was tested by non-competitive batch measurements in acidic
aqueous media (pH in the range 3.0–6.0, generally found in nuclear wastewater). It was
found that about 98.3% of 90Sr2+ was removed from the aqueous solution within 160 min
of contact time. Although the adsorption of Cs+ reached equilibrium within 40 min, the
removal % was only 76.5%. The removal of metal cations was observed to depend on the
hydrated radii and on the charge on the exchanging ions.

Chuah et al. prepared a two-dimensional disodium zirconium phosphate,
Zr(NaPO4)2·H2O (hereafter indicated as α-Na2ZrP), and investigated it as an ion ex-
changer for heavy metals [85]. Specifically, the materials were synthesized via a modi-
fied mechanochemistry-based method, involving only grinding and heating. Typically,
ZrOCl2·8H2O, Na2HPO4 and NaF (molar ratios 1:(2–4):0.3) were ground together in an
agate mortar until a well-mixed paste was formed. Then, the mixture was heated to 120 ◦C
for 24 h. For Na2HPO4:Zr > 2, the layered phase α-Zr(NaPO4)2·H2O with an interlayer
distance of 8.59 Å was formed. For a Na2HPO4: Zr = 4, nanoplatelets with regular size
and shape were obtained. In addition, nanorods were also observed, probably formed
due to the presence of the fluoride ion. The performance of α-Na2ZrP as an ion exchanger
was evaluated for several heavy metals (Pb, Cu, Zn, Co, Ni, Tl, Cd). It was found that
the removal of Pb2+ was the highest, 99.9%, followed by Cu2+ (64.9%). In the absence
of Pb2+, the removal efficiency for Cu2+ increased sharply to 98%. When Pb2+, Cu2+,
Cd2+, and Tl+ were present together, the highest removal efficiency was still obtained
for Pb2+. It is noteworthy that α-Na2ZrP was a much better ion-exchange material than
the hydrogen form α-ZrP. Despite the high H+ concentration, the removal efficiency of
Pb2+ and Cu2+ was ∼92% at pH 2 and increased to almost 100% at pH 3–5. The uptake
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of Tl+ was more susceptible to low pH, so that ∼98% removal efficiency was obtained
at pH 3–5. Low uptakes of Tl+, Pb2+, and Cu2+ were observed only at pH 1. At pH 3, it
is reasonable to suppose that part of the sodium ions in the solid was exchanged by H+,
forming the monosodium-exchanged α-Zr(NaPO4)(HPO4)·5H2O. However, despite these
phase changes with pH, the ion-exchange efficiency was not compromised due to the large
interlayer spacing in α-Zr(NaPO4)(HPO4)·5H2O (d = 11.8 Å) or in the more hydrated θ-
Zr(HPO4)2·6H2O (d = 10.4 Å). Competitive studies showed that, in the presence of various
interferent ions, the removal efficiency for Pb2+, Cu2+, and Cd2+ was >90% in the presence
of Na+, K+, and Mg2+, while the presence of an excess of Ca2+ resulted in reduced removal
efficiencies for Pb2+, Cu2+, and Cd2+ by 10–30%.

Again, Chuah et al. synthesized α-Zr(NH4PO4)2·H2O by a single step minimalistic
process, in which the reactants, ZrOCl2·8H2O and (NH4)2HPO4, were used in almost
stoichiometric amounts in the solventless protocol where only the water of crystallization
was present [86]. They found that by adding a small amount of NaF as a mineralizer,
α-Zr(NH4PO4)2·H2O with good crystallinity and an interlayer distance of 9.44 Å was
obtained. Scanning electron microscopy (SEM) images showed how the morphology of the
α-Zr(NH4PO4)2·H2O particles depended on the amount of HF used for their preparation
(Figure 3).
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Figure 3. Scanning electron microscopy images of α-Zr-(NH4PO4)2·H2O prepared in the absence of
HF (a), by using increasing amounts of HF (b,c) ([86], with permission of ACS).

HF also affected the surface area of the samples. Specifically, it was found that the
samples prepared by using HF had a surface area significantly lower than that of the
compound synthesized without HF.

The sample prepared with the minimum amount of HF was used for sorption studies.
The uptake of Pb2+ and Cu2+ was studied under acidic conditions. At pH 1, no sorption
of Pb2+ and Cu2+ was observed, mainly for two reasons: first, at high H+ concentrations,
there is the competition with heavy metal cations; secondly, at very low pH, ammonium
ions are exchanged by protons forming α-Zr-(NH4PO4)2·H2O, which has an interlayer
distance lower than that of the ammonium exchanged form (7.6 Å vs. 9.4 Å). At pH 2 and
above, ≥98.9% Pb2+ was removed, while for Cu2+, the removal efficiency was close to 99.9%
at pH ≥ 3. Sorption studies revealed a very strong affinity between the sorbent and the
sorbate. Moreover, more than 60% of the target ions were removed from aqueous solutions
in the first 10 min, and after 1 h the concentration became lower than 0.006 mmol/L. The
high selectivity toward Pb2+ and Cu2+ was retained in the presence of other ions such as
Na+, K+, Mg2+, Ba2+ and Ca2+ despite their much higher concentrations. Furthermore,
the large difference in the uptake of Pb2+ and Cu2+ over that for Zn2+, Co2+ or Ni2+ also
provides a method to separate these heavy metals.

Table 2 resumes the adsorption properties of some of the ZrP-based sorbent materials
reported in the present review. The maximum ion uptake was referred to Pb2+, the most
studied heavy metal, since it is the most common metal that the human body can absorb in
toxic amounts. For batch experiments, the maximum Pb2+ uptake, expressed in meq per
gram of sorbent, was reported, while the adsorption percentage was used for continuous
adsorption mode experiments.

29



Molecules 2021, 26, 2392

Table 2. Maximum Pb2+ uptake, or adsorption percentage values, for ZrP-based sorbent materials.

Sorbent
Maximum Pb2+ Uptake (meq/g)

or
Adsorption Percentage (%)

Adsorption Mode Ref.

Amorphous ZrP ≈3 at pH 5.5 Batch [42]
ZrP monoliths 100% Continuous [82]

Zr(NaPO4)2·H2O ≈5 at pH 5 Batch [85]
Zr(NH4PO4)2·H2O ≈3.8 at pH ≈4.3–5 Batch [86]

Amorphous ZrP/D001 100% Continuous [59]
α, γ-ZrP/mesoporous polystyrene ≈1.6 at pH = 5 Batch [60]

Amorphous ZrP/polysulfone capsules ≈3 at pH 5.75 Batch [62]

α-ZrP/polyaniline ≈1 Electrochemical quartz
crystal microbalance [68]

Amorphous ZrP/ (polyvinyl
alcohol-polyvinylidene fluoride) ≈1.2 at pH 5.5 Batch [70]

ZrP nanoparticles/cellulose 60% Continuous [71]
Amorphous ZrP/graphene oxide ≈3.5 at pH = 6 Batch [74]

Amorphous ZrP/melamine ≈9.7 at pH 5.5 Batch [81]

Table 2 shows that ZrP/melamine exhibited the highest metal uptake. This can be
attributed to the complexing properties of N-rich molecules, similarly to crown ethers,
as reported by Peng et al. [78]. Indeed, the metal uptake properties of ZrP intercalation
compounds with nitrogen-containing molecules were already reported in 1985 by Ferragina
et al., who studied the intercalation of 2,2’-bipyridyl into α-zirconium phosphate, and its
coordination by Co2+, Ni2+, and Cu2+ [87].

Additionally, Takei et al. showed that γ-type zirconium phosphate intercalated with
p-aminoazobenzene had an exceptional sorption ability towards rare earth elements, re-
sulting about four times higher than that of unintercalated γ-ZrP [88]. They also proved
that lanthanide uptake did not provoke the release of the azo-molecules.

4. Removal of Dyes

Organic dyes represent another important source of environmental contamination
mainly coming from textile industries. Indeed, it was estimated that 1% to 15% of the
dye is lost during dyeing processes and is released into wastewaters. Due to the large
degree of aromaticity present in these molecules, dyes are difficult to degrade by traditional
biological methods [89]. In the treatment of water contaminated by dyes, the adsorbent has
a dual role: it should capture dyes from water and, at the same time, it should degrade
them into environmentally compatible products, therefore also acting as a catalyst.

Organic dyes with positive charges or with protonable groups can be intercalated by
zirconium phosphate through an ion-exchange process or an acid–base reaction involving
POH groups [31].

In dye removal and degradation, zirconium phosphate is often employed as support
for species with photocatalytic properties, with the aim to improve the surface area and, in
turn, the number of available catalytic active sites.

Titania, silver nanoparticles, silver halides, graphene oxide, and carbon nitrides are
some of the photocatalytic materials which were combined with zirconium phosphate [90].
The properties of the composites depend on the kind of photocatalyst and on its interaction
with zirconium phosphate.

In 2007, Parida et al. tested the same material described in ref. [55], which was titania
pillared zirconium phosphate, for the photocatalytic decolorisation of methylene blue
(MB) [91]. The photo-oxidation of methylene blue was performed in batch by exposition to
sunlight at room temperature. It was found that, with respect to pure ZrP, the presence
of titania decreased the crystallite size which, in turn, increased the surface area and
adsorption of methylene blue. This ultimately helped in increasing the initial rate of
photodegradation/decolorisation of the dye.
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Moreover, the photodecolorisation of methylene blue followed first-order kinetics,
and at higher MB concentration the percentage of photodegradation decreased. On the
other hand, with increasing the irradiation time, there was an increase in the percentage of
photodecolorisation up to 240 min. It was also observed that the initial rate of photodegra-
dation/decolorisation increased with increasing the H2O2 concentration, probably due to
the formation of more OH• radicals.

The effect of inorganic salts such as potassium persulphate and sodium chloride
was also investigated. The effect of persulphate ion (electron scavenger) on the photocat-
alytic degradation of MB resulted in an increase in the initial rate of photodegradation of
methylene blue with increasing the persulphate amount, attaining a 100% degradation in
4 h. Differently, with increasing the concentration of sodium chloride, the initial rate of
photodegradation of MB decreased due to the hole scavenging properties of Cl− ion.

The efficiency of titania pillared zirconium phosphate was comparable with that of
other catalysts reported in the literature.

It is well known that noble metallic nanoparticles, such as gold and silver, exhibit
unique spectral properties due to their surface plasmon resonance properties, which made
them promising materials for several applications, such as photocatalysis, due to their
ability to absorb visible light [92,93]. Moreover, the combination of silver nanoparticles
with silver halides produces heterojunctions, in which the two components act so as to
polarize the photo-induced charges, facilitating electron-hole separation, and in turn, the
photocatalytic efficiency of the material [94].

Saffaj and coworkers studied the effect of silver loaded zirconium phosphate on
the photodegradation of methylene blue [95]. Crystalline α-Zirconium phosphate was
prepared by refluxing amorphous zirconium phosphate in a solution of phosphoric acid.
For silver activation, amorphous α-ZrP was added to a solution of silver nitrate. Then,
phosphoric acid was added and the mixture was refluxed for 2 days to yield a precipitate
denoted Ag–ZrP. Both α-ZrP and Ag–ZrP exhibited an interlayer distance of 7.6 Å, but α
-ZrP had a higher degree of crystallinity than Ag–ZrP. However, regarding the oxidation
state of silver, the authors did not clarify if it is present as ion or metallic silver.

Methylene blue was selected as a model for the photocatalytic degradation experi-
ments because it is a non-volatile and common contaminant in industrial wastewaters. A
low-pressure mercury lamp UV was used as an artificial sunlight source. It was found that
the photocatalytic efficiency of the dye degradation over Ag–ZrP and α-ZrP was highly
pH dependent. Specifically, the photocatalytic efficiency increased with increasing pH
values. In strong acidic conditions, the decolorization of the dye was negligible, while it
dramatically increased at pH 8. Both α-ZrP and Ag–ZrP surfaces were positively charged
below pH 4. Methylene blue is a cationic dye in aqueous solution and it can keep its
cationic configuration in the pH range 3–11. At basic pH, electrostatic interactions between
the negative catalyst surface and cationic dye led to strong adsorption of the latter on
the inorganic support (despite the higher risk of hydrolysis of ZrP, occurring in basic
conditions, note of the author).

Moreover, Ag–ZrP exhibited a higher degree of photocatalytic efficiency compared to
α-ZrP. Specifically, a decrease in the concentration of MB in the solution around 90% was
achieved with Ag–ZrP within 70 min, while it was less than 60% with α-ZrP in the same
time range. Enhanced degradation with Ag–ZrP under UV irradiation was ascribed to the
effects of Ag ions acting as electron traps leading to better electron excitation.

Composites based on zirconium phosphate and silver/silver halide heterojunctions
demonstrated efficiency in the photodegradation of Rhodamine B (RhB) [96,97]. They
were quickly and easily obtained by using nanosized silver(I) exchanged α-zirconium
phosphate as a precipitating agent for silver halides. Specifically, a nanosized zirconium
phosphate, prepared as reported by Pica et al. [55], first was reacted with different amounts
of silver(I) acetate, then treated with HCl or HBr solutions in order to promote the precpi-
tation of AgCl or AgBr. All composites contained AgX particles with size ≤1 µm, and
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UV-Vis diffuse reflectance spectroscopy proved that ZP/AgX was effectively converted
into ZP/x(Ag@AgX) after a few minutes of irradiation with a halogen lamp.

The photodegradation of RhB was studied in batch and the photocatalytic properties
of the composites were compared with those of a pure AgX sample with particle size in the
range of 0.5–2 µm. It was observed that, during irradiation, the absorbance decreased and
the wavelength of the absorption maximum (λm) slowly shifted toward lower λ values.
Watanabe et al., in 1977, proved that the ipsochromic shift of λm was due to de-ethylation
occurring in a stepwise manner, and to cleavage processes [98]. It was found that, both for
AgX and ZP/AgX or ZrP/AgCl, the degradation process started with RhB de-ethylation,
followed by the cleavage of the de-ethylated species. However, the composites with 53
and 58 wt% of AgBr and AgCl, respectively, turned out to have better catalytic properties
than the corresponding pure AgX samples. Specifically, the percentage of chromophore
cleavage in the presence of ZP/AgBr and ZP/AgCl was around 90% after 6 min and 10 min,
respectively, while in the presence of pure AgX, a 90% of percentage cleavage was achieved
after 30 min. Moreover, reusage tests of the composite photocatalysts proved that they are
stable for at least three cycles.

Ye et al. fabricated α-zirconium phosphate-pillared reduced graphene oxide (rGO–ZrP)
composites for the removal of MB from aqueous solutions [99]. GO was synthesized from
natural graphite powder by a modified Hummers method, while ZrP was synthesized
by refluxing amorphous ZrP for 7 days in the presence of phosphoric acid. The GO–ZrP
composite was prepared from a ZrP/methylamine intercalation compound, to which GO
was slowly added. Then, hydrazine was added in order to reduce GO. BET specific surface
areas of rGO–ZrP and rGO were 573 and 312 m2 g−1, respectively. It is interesting that,
with increasing the storage time in water, the BET specific surface area of rGO decreased
to 44 m2 g−1, while that of rGO–ZrP only decreased to 523 m2 g−1, suggesting that the
presence of ZrP hampered the rGO reaggregation to some extent.

The adsorption tests of MB onto the rGO–ZrP were conducted in a batch experiment
at 30 ◦C. The maximum adsorption capacitiy of MB onto rGO–ZrP was about 90% higher
than that onto rGO. With increasing the storage days in water, the maximum adsorption
capacity of MB onto the rGO dramatically decreased, while that onto rGO–ZrP slightly
decreased. Moreover, the maximum adsorption capacity of rGO–ZrP almost remained
constant during the first six cycles of the adsorption–desorption process.

Chen et al. recently prepared α-zirconium phosphate/carbon nitride composites
(ZrP/C3N4), with different ZrP/C3N4 mass ratios, and investigated their photocatalytic
activity toward Rhodamine B under UV irradiation [100]. Zirconium phosphate was pre-
pared by the hydrothermal reaction of zirconyl chloride and phosphoric acid, while carbon
nitride was prepared by the calcination of urea. ZrP/C3N4 composites were prepared by
mixing and sonicating different amounts of the two components in water. It was found that
the particle size of C3N4 was in the range 200 nm–a few micrometers and higher amounts
of C3N4 restricted the re-stacking process of α-ZrP nanoparticles. Photoluminescence
spectra showed that when α-ZrP nanoparticles were composited with C3N4 nanosheets, a
heterostructure was formed, and the high recombination rate of photogenerated carriers,
which was the intrinsic property of C3N4, was efficiently reduced. Photocatalytic activity
was tested under irradiation with UV-Vis light.

The photodegradation efficiency of RhB by ZrP under visible light was negligible since
it cannot be excited by visible light irradiation. After incorporation with C3N4, the efficiency
was improved slightly. In the condition of ultraviolet light irradiation, the photodegra-
dation efficiency of ZrP/C3N4 composite material (ZrP:C3N4 mass ratio = 1:1) was much
higher than that of α-ZrP and C3N4. After irradiation for 10 min, the photodegradation
efficiency of α-ZrP and C3N4 was 64 and 67%, respectively, while the photodegradation
efficiency of ZrP/C3N4 (ZrP:C3N4 mass ratio = 1:1) reached 98% in the same time range.
The degradation efficiency of all composite systems reached above 90% after 18 min.
Among those, the composite with ZrP: C3N4 mass ratio 1:2 had the highest degradation
efficiency (≈100%).
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The authors inferred that under UV irradiation, the photoinduced holes on the valence
band of α-ZrP were transferred to the valence band of C3N4 through the heterostructure.
The photogenerated electrons from the conduction band of C3N4 were transferred to the
conduction band of α-ZrP, which achieved effective separation of photogenerated electron-
hole pairs and reduced the electron-hole recombination. Moreover, an appropriate amount
of C3N4 would benefit the separation of photogenerated electron-hole pairs, while an
excess of C3N4 would block, to some extent, the ultraviolet light arriving at the surface of
ZrP nanoparticles and then cause a decrease in the photodegradation rate.

Naushad et al. proposed a gelatin-Zr(IV) phosphate nanocomposite to remove toxic
dyes from water [101]. Gelatin is a naturally occurring macromolecular and biodegradable
protein produced by partial hydrolysis of collagen synthesized from the skins, white
connective tissues and bones of animals.

Gelatin-Zr(IV) phosphate nanocomposite (GT/ZPNC) was synthesized using the sol–
gel method. Specifically, ZrOCl2·8H2O and H3PO4 were mixed with continuous stirring at
room temperature and the pH was kept between 0 and 1. Gelatin was then added in hot
water to prepare gelatin gels, which were added to precipitates of Zr(IV) phosphate under
continuous stirring (Figure 4).
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Figure 4. Proposed mechanism for the synthesis of gelatin-Zr(IV) phosphate nanocomposite
(GT/ZPNC) ([101], with permission of Elsevier).

For the sake of clarity, the structure of ZrOCl2 reported in Figure 4 is quite unusual and
unprobable, since, as reported by Clearfield et al., zirconyl chloride does not contain ZrO2+

species but a tetrameric species [Zr(OH)2·4H2O]4
8+, which also exists in acidic solution of

ZrOCl2·8H2O. Chlorine is not bonded to Zr but it is present as a Cl− ion [102].
The photocatalytic behaviour of GT/ZPNC particles was investigated against MB

and FG (Fast green) dyes under solar light using batch process. The removal of FG dye in
visible light reached about 90% within five hours, while in the dark it reached only 44%.
Similar results were obtained for MB: about 38% of dye was removed in the dark and the
removal increased up to 88% within five hours when exposed to sunlight. However, the
authors did not carry out experiments in order to clarify if the higher dye removal in the
presence of GT/ZPNC was due to a simple adsorption or to a photodegradation process.

5. Conclusions

Pollutant removal from water through adsorption is considered one of the most
effective and competitive processes. The optimal adsorbents should be cheap, chemically
stable, have a high surface area in order to make available a large number of active sites,
and be easily regenerated and recoverable.

Among unconventional sorbents, layered zirconium phosphate has been investigated,
both in batch and continuous conditions, as a potential material for the removal of heavy
metals and dye due to its good chemical and thermal stability and, above all, its excellent
cation exchange and intercalation properties.
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Both amorphous and crystalline ZrP materials have been investigated as sorbent
materials, often in the form of composites, in combination with organic polymers or other
inorganic compounds, in order to have feasible hybrid sorbents for continuous and large-
scale applications. Neutral and charged polymers, as well as inorganic compounds such
as titania, graphene oxide, crown ethers, and N-rich molecules, have been used for the
preparation of ZrP composites, which proved to be suitable and promising for a continuous
adsorption mode. Among ZrP composites, those with N-rich molecules exhibited the
highest metal uptake due to the chelating properties of these molecules toward metals.

Heavy metal uptake, occurring through ion exchange processes, has been studied as
a function of different experimental conditions (pH, concentration of the sorbent and the
sorbate, temperature, etc.), proving that the uptake is more efficient in moderate acidic
conditions. The use of ZrP composites, which enable the achievement of higher surface
areas, is beneficial for their adsorbent properties. Regardless of the characteristics of the
sorbent, the highest affinity is observed toward lead and copper. Moreover, the affinity of
zirconium phosphate-based materials for heavy metals is generally significantly higher
than for alkaline and alkaline earth metals.

The uptake of organic dyes by ZrP can occur through both acid–base interactions and
ion exchange processes. It is desirable that dyes should not be simply adsorbed on the
solid material, but also degraded to nontoxic products, and photocatalytic degradation is
often used. ZrP combined with photosensitive materials, among them titania, graphene
oxide, carbon nitrides, silver nanoparticles and silver/silver halide heterojunctions, ex-
hibits enhanced photocatalytic efficiency due to a more efficient light absorption and
electron-hole separation.

The major part of the reported studies refer to lab scale experiments, proving that the
use of zirconium phosphate as a sorbent material is still in the phase of fundametal research,
and further experiments are undoubtedly necessary to prove the effective possibility to
apply these materials on a large scale, where other aspects, such as economic advantages
or disadvantages, should be evaluated.

Further developments of this topic are currently under investigation in my research
group. New materials, based on layered zirconium phosphonates, bearing carboxylic
and amino groups, covalently bonded to the inorganic layer, are promising potential
sorbents for heavy metals and dyes. The idea was born from the synthesis of a novel
mixed zirconium phosphate/phosphonate based on glyphosine, specifically a zirconium
phosphate glycine-N, Nbismethylphosphonate, in which the presence of the carboxyl and
amino groups, due to their coordinative capabilities, enhances the affinity of this material
towards transition metals [103–105] and, at the same time, the presence of acidic groups
could promote the adsorption of basic dyes.
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Abstract: Soil contamination by heavy metals threatens the quality of agricultural products and
human health, so it is necessary to choose certain economic and effective remediation techniques to
control the continuous deterioration of land quality. This paper is intended to present an overview
on the application of biochar as an addition to the remediation of heavy-metal-contaminated soil,
in terms of its preparation technologies and performance characteristics, remediation mechanisms
and effects, and impacts on heavy metal bioavailability. Biochar is a carbon-neutral or carbon-negative
product produced by the thermochemical transformation of plant- and animal-based biomass. Biochar
shows numerous advantages in increasing soil pH value and organic carbon content, improving soil
water-holding capacity, reducing the available fraction of heavy metals, increasing agricultural crop
yield and inhibiting the uptake and accumulation of heavy metals. Different conditions, such as
biomass type, pyrolysis temperature, heating rate and residence time are the pivotal factors governing
the performance characteristics of biochar. Affected by the pH value and dissolved organic carbon
and ash content of biochar, the interaction mechanisms between biochar and heavy metals mainly
includes complexation, reduction, cation exchange, electrostatic attraction and precipitation. Finally,
the potential risks of in-situ remediation strategy of biochar are expounded upon, which provides the
directions for future research to ensure the safe production and sustainable utilization of biochar.

Keywords: biochar; pyrolysis; heavy metals; soil remediation; bioavailability

1. Introduction

Soil is the final destination of heavy metals (HMs) whether they are from natural or anthropogenic
sources. Mineral resource exploiting and smelting [1], metal electroplating [2], paint and coating
processing [3], electronic equipment manufacturing [4], farmland sewage irrigating [5] and pesticide
and chemical fertilizer nonstandard applying [6] are the primary anthropogenic activities that aggravate
HMs contamination in soil. For instance, more than 30,000 tons of chromium and 800,000 tons of lead
have been released into the environment globally in the past half century, most of which eventually
accumulates in soils [7]. It is reported that approximately one-sixth of the total agricultural land area in
China and about 600,000 hectares of brown field sites in America have been contaminated by HMs [8].
Hitherto, cadmium, lead and arsenic pollution, and associated ecological health risks in southeast
China, are more severe than those in northwest China; similarly, those in industrial regions are worse
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than those in agricultural regions [7]. According to the results of a national soil survey [9] in 2014,
the over-standard rates of cadmium, mercury, arsenic, copper, lead, chromium, zinc and nickel in soils
of China are 7.0%, 1.6%, 2.7%, 2.1%, 1.5%, 1.1%, 0.9% and 4.8%, respectively. Soil HMs enter the food
chain mainly through agricultural crops [10] and ultimately accumulate in organisms through diet,
respiratory inhalation, skin contact and other exposure pathways, which directly or indirectly cause
serious negative effects on human health [11,12]. The occurrence of cancer villages caused by HMs are
the most immediate warning. Soil degradation and reduction of agricultural production land caused
by HMs pollution brings an urgent need for the application of various efficient in-situ and ex-situ
remediation techniques, to lessen the ecological risk of HMs and maximize the quality and security of
agricultural land.

Over recent years, physical remediation (washing, thermal desorption, solidification and guest land
methods), chemical remediation (vitrification, leaching, immobilization and electrokinetic methods),
and biological remediation (microorganisms and plants) approaches have been applied to achieve
this objective [13]. Nevertheless, these methods more or less exist with respective limitations i.e.,
complicated technique, inefficiency, poor feasibility, short duration, high economic cost, high secondary
risk and so on [14]. At present, applying amendments to HM-contaminated soil is considered to be one
of the most promising in-situ remediation techniques [15]. The frequently used soil additions include
phosphate compounds, liming materials, clay minerals, coal fly ash, organic composts, metal oxides,
and biochar [16,17]. In brief, the immobilization process of HMs can be achieved mainly through
adsorption, complexation, reduction, and precipitation reactions, which cause the redistribution of
HMs from soil liquid phases to solid phases, so as to reduce their mobility and bioavailability [16].

Biochar is a kind of carbon-rich, porous substance with abundant active organic functional groups
and carbon aromatic structures with a neutral to alkaline pH value, relatively high cation exchange
capacity, large specific surface area, and negative surface charge [18,19]. Numerous researchers report
that the seed germination [20], plant growth [21–23], crop yields [23,24], and microbial activity and
population [22,25,26] have been significantly increased in the HM-contaminated soil amended with
biochars. Meanwhile, the effects of biochar on the immobilization/mobilization for different kinds
of HMs have been confirmed in many pot experiments and field trials [21,27–29]. Furthermore, the
production process of biochar is regarded as an efficient management method to dispose of a large
number of organic wastes, which shows certain advantages in economic benefits and feasibility aspects.
Remarkably, it cannot be completely ignored that there are still some potential risks in the field
application of biochar, and these potential threats may hamper its further application. On this basis,
the following aspects of biochar are reviewed: 1) preparation technologies, performance characteristics
and influencing factors; 2) interaction mechanisms with different kinds of HMs; 3) effects on plant
growth and HM bioavailability; and 4) potential risks in field engineering applications. In addition,
the promotion and application of biochar in the future are also discussed.

2. Preparation of Biochar

The feedstock for biochar preparation mainly includes wood chips/branches [30–32], agricultural
residues [21,33,34] and other woody biomass, as well as animal manure [35–38], sewage sludge [39–41]
and other organic wastes. As shown in Table 1, thermochemical conversion technologies involved
in the preparation process usually include fast pyrolysis, intermediate pyrolysis, slow pyrolysis,
gasification, hydrothermal carbonization, torrefaction, etc. [42,43]. These technologies are mainly
classified based on different heating rates, peak temperatures, residence times, reaction atmospheres
and other parameters, where biochar, bio-oil and syngas are the main products. The yield of biochar
is seriously affected by different operating conditions; several common thermochemical conversion
technologies and their approximate product yields are discussed in Table 1.
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Table 1. The reaction conditions and product distribution of various thermochemical conversion technologies.

Conversion
Technologies

Temperature Heating Rates Reaction Atmosphere
Residence

Time
Biochar Bio-Oil Syngas Reference

Slow pyrolysis 300−650 ◦C 0.1−1 ◦C s–1 Oxygen-free 1−24 h 25−35% 20−30% 25−35% [44,45]
Intermediate pyrolysis ~500 ◦C 1.0−10 ◦C s–1 Oxygen-free 10−20 s 20% 50% 30% [46,47]

Fast pyrolysis 500−1000 ◦C >200 K min–1 Oxygen-free <2 s 12−25% 50−75% 13−25% [48–50]

Gasification 750−900 ◦C 50−100 ◦C s–1 Air, steam, O2, N2, CO2 or
a mixture of these gases 10−20 s 10% 5% 85% [47,50]

Hydrothermal
carbonization 180−300 ◦C 5−10 ◦C min–1 Confined system with a

pressure of 2−6 MPa 1−16 h 50−80% 5−20% 2−5% [19,47]

Torrefaction 250−300 ◦C <50 ◦C min–1 Inert atmosphere 10−60 min 60−80% 0% 20−40% [44,51]
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Fast pyrolysis can be defined as the thermochemical decomposition process of biomass with
low energy density at a moderate pyrolysis temperature in the presence of little or no oxygen. Due
to the characteristics of higher heating rate (>200 K min–1) and shorter residence time (<2 s) in this
process, bio-oil with high energy density, syngas with relatively low energy density and a small
amount of biochar can be obtained (Table 1) [52]. On the contrary, slow pyrolysis is the common
type of pyrolysis which is conducive to the formation of biochar rather than the generation of liquid
and gaseous products. In this process, the biomass is pyrolyzed in a wide range of carbonization
temperature with a heating rate of about 0.1~1 °C s–1 for a residence time between few hours and even
days [52]. During slow pyrolysis, the fixed carbon content of biochar may increase with the rise of peak
temperature, which is particularly prominent in the range of 400~500 ◦C [44]. The operating conditions
of intermediate pyrolysis are between fast pyrolysis and slow pyrolysis, which better balances the
distribution of solid–liquid product yield. The biochar produced by this pyrolysis mode has a brittle
structure and does not contain a high quantity of reactive tar, which is suitable for the application of
solid fuel, soil amendments and fertilizer [46].

Gasification is a process of direct contact oxidation of dry biomass with air, steam, oxygen, nitrogen,
carbon dioxide or a mixture of these gases [43]. The primary product of gasification is a combustible
gas which is packed with H2, CO and CH4, while the biochar with low yield contains a high amount of
toxic substances such as polyaromatic hydrocarbons, and alkali and alkaline earth metals, that are
attributed to the result of high-temperature reactions [51]. Hydrothermal carbonization is performed
under a given pressure (2~6 MPa) and temperature (180~300 ◦C) that the feedstocks do not require for
drying pretreatment, which is usually some wet biomass or dry biomass mixed with water. Compared
to the pyrolysis and gasification processes, hydrothermal carbonization biochar (hydrochar) shows
several advantages [51,53]. For instance, the hydrochar is characterized by high yield and high purity,
and possesses a higher degree of aromatization and more surface functional groups. In addition,
hydrochar contains a lower alkali and alkaline earth and heavy metal content, and a higher carbon
content and heating value. Torrefaction, also referred to as mild pyrolysis, results in approximately
30% mass loss of biomass. The main products of torrefaction are organic carbon compounds with
high specific energy density, but these cannot be referred to as a “biochar”, because torrefaction is just
the previous section of the pyrolysis process [43,51]. Consequently, the physicochemical properties
of the torrefaction product is between that of biochar and biomass, and it also remains some volatile
organic compounds.

Pyrolysis is a conventional process for the preparation of biochar. In this review paper,
the properties of pyrolyzed biochar are preliminarily discussed, and the close connection between
biochar performance characteristics and biomass feedstock species, pyrolysis temperature and residence
time are clarified. According to the above factors (different preparation conditions), the performance
characteristics of biochar are reviewed in detail in the next chapter, which provides a theoretical
foundation for explaining the interaction mechanisms between biochar and soil HMs.

3. Performance Characteristics of Biochar

3.1. Elemental Composition

Element composition and content of biochar are a function of biomass species and pyrolysis
temperature [54]. Generally, the content of total N, P, K, Ca, Mg and other nutrient elements in biochar
prepared from poultry manure is higher than that of woody biomass, while the content of total C is
the opposite [55]. Meanwhile, poultry manure is rich in mineral elements like K and P, which are
important for plant growth, and thus the poultry-manure-derived biochar may be suitable as an ideal
soil amendment instead of fertilizer [56].

The rise in pyrolysis temperature of biomass commonly results in the increase of ash and C
content of biochar [50,57]. The N content of lignocellulosic type biochar increased slightly with
the rise of pyrolysis temperature [58,59], while that of animal-manure- and sewage-sludge-derived
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biochar shows a downward trend [35,60–62]. Furthermore, the pyrolysis conditions of biomass such
as a higher temperature and longer residence time are beneficial to the accumulation of total P and
K [50,63], the release of Ca, Mg and Si, and the retention of Fe, Mn and S [47]. Correspondingly,
with the increase in reaction time and temperature, other unstable substances (containing H and O
elements) of biomass are removed by deoxygenation, dehydration and decarboxylation reactions
progressively, which leads to the loss of volatile organic compounds and the reduction of H/C–O/C
ratio [51,57,64,65]. These results indicate that the high-temperature biochar more easily forms a very
stable crystal graphite-like structure and possesses a higher carbonization degree and more aromatic
structures [66–68]. For example, Jindo et al. [66] reported that the O/C ratio of biochar pyrolyzed in the
temperature range of 400~500 ◦C changed according to the following order: rice straw > rice husk
>wood chips of apple tree >wood chips of oak tree. Therefore, these results indicate that there is a
higher content of lignin and a slower mineralization rate in woody biomass (i.e., apple tree, oak tree),
compared with herbaceous biochar (i.e., rice straw, rice husk) and sewage sludge biochar; furthermore,
it has a lower O/C ratio, making woody biochar’s structure more stable [67].

3.2. Functional Groups Abundance

As mentioned in Section 3.1, a high pyrolysis temperature commonly results in the decrease of
the H/C, O/C and N/C ratios in biochar, which immediately indicates the decrease of its abundance of
hydroxyl, carboxylic and amino functional groups [18]. Chen et al. [57] summarized the variation of
FTIR characterization of pine wood shaving derived biochar with pyrolysis temperature: 1) for 150 ◦C,
biochar is rich in -OH groups, CH2 units, C=O, C=C, aromatic CO-, and phenolic-OH; 2) for 250 ◦C,
C=O and C=C stretching vibrations were enhanced; 3) for 350 ◦C, the band CH2 units disappeared
completely, and aromatic ring and C=C stretching vibration of lignin strengthened; 4) for 500 ◦C,
C=O and C=C stretching vibrations were significantly weakened; 5) for 700 ◦C, merely C=C of lignin
and aromatic C-H vibrations were spotted. During the whole heating process, the band C-O-C of
cellulose and hemicellulose reduced with the rise of pyrolysis temperature, until it disappeared. Hence,
these results show that hemicellulose with short side chains, thermally stable cellulose, and lignin with
phenolic structures contained in lignocellulosic are generally decomposed at 200~350 ◦C, 305~375 ◦C
and 250~500 ◦C, respectively [69]. In addition, Ding et al. [70] indicated that compared with 250 ◦C
pyrolyzed sugarcane-derived biochar, C≡C and C=O in 500 ◦C pyrolyzed biochar were relatively
reduced, while C-O completely disappeared.

Moreover, the abundant surface functional groups such as C-O, C=O, -COOH and -OH in biochar
possess high modifiability, which is the foundation for the preparation of various functionalized carbon
materials [52]. For instance, Yang et al. [71] incubated walnut-shell-derived biochar with Al, Ca, Fe
minerals or kaolinite, and the modified biochar’s relative content of C-C, C=C and C-H increased from
63.8% to 72.5~81.8%, while C-O, C=O, and -COOH decreased from 36.3% to 16.6~26.5%. This result
means that the interaction between biochar and minerals (Al, Ca, Fe, or kaolinite) has prevented the
oxidation of C-C, C=C, C-H into C-O, C=O or -COOH, which enhanced the oxidation resistance of
biochar surface. This is related to the modification process of biochar, which has been reviewed by
previous scholars in the following papers [18,31,72], and will not be further analyzed in this paper.

3.3. Cation Exchange Capacity (CEC) and Specific Surface Area (SSA)

With the pyrolysis processes conducting, the SSA (specific surface area) value of biochar has
significantly increased compared to the feedstock, while the relatively low temperature pyrolyzed
biochar has the highest CEC (cation exchange capacity) value [73]. Although high-temperature
biochar cannot possess the highest CEC and SSA values simultaneously, there are adequate functional
groups remaining in the biochar structures to provide negative charges. The low O/C atomic ratio
of high-temperature biochar results in a decrease in the CEC value, which is mainly manifested by
the reduction of volatile organic compounds and acidic functional groups [74]. In other words, the
high SSA and pH value of biochar pyrolyzed at higher temperatures (>600 ◦C) may compensate for
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the low CEC value to supply greater CEC provision to soil [54]. Thereby, biochar is a combination
of charged surface functional groups and specific surface area, which can combine with HMs by
adsorption and complexation reactions. For example, Yuan et al. [75] raised the pyrolysis temperature
of sewage sludge from 300 ◦C to 700 ◦C, and found that the O/C ratio of biochar decreased from 0.33 to
0.05 and the volatile matter content reduced from 27.4% to 5.5%, but the SSA value increased from
14.37 m2 g−1 to 26.70 m2 g−1. Similarly, Heitkötter et al. [76] used corn digestate (derived from maize
silage) as feedstock, as the temperature increased from 400 ◦C to 600 ◦C, the CEC value decreased
by 29.9%, but the SSA value increased by 50.7% which exactly made up for the deficiencies in the
CEC value reduction. The cation exchange capacity of biochar was enhanced by the tendency of
attracting positive charges through its surface functional groups, which is an important feature for
the remediation of HM-contaminated soil [77]. Furthermore, the porosity and pore size of biochar
still depend on pyrolysis temperature, because the release of volatile organic compounds at higher
pyrolysis temperatures may promote the formation of micropores.

3.4. pH Value

The pH value of biochar is mostly alkaline, and normally increases with the rise of pyrolysis
temperature, which means biochar possesses the abilities to improve soil pH and CEC value, and to
reduce soil acidity and bioavailability of certain HMs [78–80]. Fidel et al. [81] summarized four broad
categories of biochar alkalinity, including: (1) surface organic functional groups; (2) soluble organic
compounds; (3) carbonates/bicarbonates; and (4) other inorganic alkalis such as oxides, hydroxides,
sulfates, sulfides, and orthophosphates. Surface organic functional groups have a long-term effect
on the amelioration of soil properties (e.g., pH and CEC value), while soluble organic and inorganic
alkalis contribute to the short-term improvement of soil acidification [54,81]. The functional groups
separated from the pyrolysis of biomass are predominantly acidic in essence, such as the carboxyl
group, hydroxyl group, or formyl group [73]. For others, the alkalinity of remaining solid (includes
ash) raised with the increase number of functional groups released by biomass, therefore, the increase
of pH value of biochar is the direct result of the increasing degree of carbonization [73]. The carbonates
formed by mineral elements were considered to be the primary alkaline substances in biochar, and
especially the biochar pyrolyzed at high temperatures possesses a higher content of carbonates a
stronger buffer capacity [80]. Shen et al. [34] reported that the pH value (7.94) of rice-straw-derived
biochar pyrolyzed at 300 ◦C is alkalescence, while the biochars with higher pH values (10.40 and
10.68) can be obtained at higher pyrolysis temperatures (500 ◦C and 700 ◦C). The results are attributed
to the decomposition of acidic functional groups such as the carboxyl group and phenolic hydroxyl
group, and the formation of alkaline minerals like K2O in high-temperature pyrolyzed biochar. In
addition, there is a high ash content in poultry manure and algae biomass, so the pH value of biochar
pyrolyzed at the same temperature is higher than that of other woody biochar [82]. However, in some
studies, the biochar produced by hydrothermal carbonization is typically acidic [83]. For example,
the pH value of Miscanthus-derived hydrochar prepared by Gronwald et al. [84] at 200 ◦C is 3.8, and
Cui et al. [85] found that the pH values of Hydrocotyle verticillata-, Myriophyllum spicatum- and Canna

indica-derived hydrochar (200 ◦C) are 5.07, 4.97 and 6.48. Liu et al. [86] adjusted the pH value of the
initial solution (pH = 2, 3, 5, 7, 9, 11, 12) of the hydrothermal carbonization process, so that the pH value
of the prepared sewage-sludge-derived hydrochar was still weakly acidic or neutral (corresponding
pH = 5.05, 6.11, 7.24, 6.60, 6.62, 6.74, 6.94). The presence of carboxyl functional groups on the surface
of hydrochar as a result of formation of acetic and formic acids during the hydrothermal carbonization
process could be the reason for the low pH value [87].
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4. Remediation of Soil HMs Contamination by Biochar

4.1. Interaction Mechanisms of Biochar and HMs in Soil

The different sources of biomass feedstocks, and the diverse pyrolysis conditions applied in the
preparation processes, lead to various biochar performance characteristics, which may in turn affect
the interaction mechanisms between biochar and HMs. On the other hand, the greatest concerns
of HMs have been focused on copper, arsenic, cadmium, lead, mercury, and chromium. Table 2
summarizes the research progress on biochar applications for the remediation of HM-contaminated soil,
which included different types of biochar, different application conditions, and different HM treatment
efficiencies. The various mechanisms proposed for the interaction of biochar with HMs are summarized
in Figure 1. It shows that the abundant surface functional groups, mineral substances, alkaline metal
ions, π-electrons, organic matters, and pore structures of micropores provided by biochar are the
effective binding sites of HMs. Biochar is able to absorb or combine soil HMs through complexation,
reduction, cation exchange, electrostatic attraction, and precipitation functions, or convert HMs from
inorganic states into organic states, which changes HM mobility and bioavailability [14,88,89], and then
improves soil agronomic benefits. Therefore, the interaction mechanisms between biochar and HMs
are critical for the soil remediation and are discussed in detail in the following sections.

Figure 1. Interaction mechanism between biochar particles and HMs in soil.
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Table 2. Remediation efficiency of biochar on HM (heavy metal)-contaminated soil.

Metals
Types of Biomass

Feedstock
Pyrolysis

Temperature
Dosage Duration a Soil Types

Total Metal
Content

Immobilization Efficiency
(Evaluation Method)

Reference

Cu

Chicken manure 500 ◦C 5% 14 d Sedimentary alfisol 800 mg kg−1 73% (NH4NO3-extractable) [36]
Orange bagasse 500 ◦C 60 t ha−1 24 m Fallow field soil 100 mg kg−1 28% (citric acid-extractable) [90]
Chicken manure 550 ◦C 5% 14 d Mine soil 1805 mg kg−1 79% (NH4NO3-extractable) [91]
Orange bagasse 500 ◦C 60 t ha−1 6 m Fallow field soil 100 mg kg−1 41% (citric acid-extractable) [92]

Bamboo 600 ◦C 15% 20 d Sediment soil 134.6 mg kg−1 79.7% (HOAc-soluble) [93]
Oat hull 300 ◦C 5% 24 m Sedimentary alfisol 338 mg kg−1 68% (exchangeable fraction) [22]

Chicken manure 550 ◦C 5% 14 d Hills soil 160 mg kg−1 −45% (NH4NO3-extractable) [91]
Sewage sludge 500 ◦C 30 t ha−1 6 m Fallow field soil 100 mg kg−1 −18% (citric acid-extractable) [92]

As

Rice straw 500 ◦C 3% 30 d Paddy soil 120 mg kg−1 As concentration increased by 234.5%
in soil solution [26]

Rice straw 450 ◦C 1−3% 96 d Paddy field soil 212 mg kg−1 As concentration increased in
soil porewater [94]

Soybean stover 700 ◦C 10% 90 d Agricultural soil 1945 mg kg−1 As mobility increased greatly in soil [25]

Rice straw 300 ◦C 10% 35 d Paddy field soil 92.3 mg kg−1 As concentration increased in soil
pore solution [95]

Oil palm fibers 700 ◦C 3% 20 d Paddy field soil 0.3 mg kg−1 As concentration increased in
soil solution [96]

Sewage sludge 200 ◦C 3% 6 d Agricultural soil 98.7 mg kg−1 −81.9% (water-soluble) [97]
Sewage sludge 350 ◦C 3% 6 d Agricultural soil 98.7 mg kg−1 42.2% (water-soluble) [97]

Corn straw 600 ◦C 0.5−2% 100 d Paddy soil 73 mg kg−1

As(V): 11.7−28.5%
(phosphate-extractable)

As(III): 54.0−81.6%
(phosphate-extractable)

[23]

Cd

Wheat straw 350−550 ◦C 40 t ha−1 3 y Paddy soil 5 mg kg−1 59% (CaCl2-extractable)
24% (DTPA-extractable) [98]

Bamboo 600 ◦C 15% 20 d Sediment soil 3.8 mg kg−1 31.2% (HOAc-soluble) [93]
Soybean straw 350 ◦C 3% 6 d Agricultural soil 1.36 mg kg−1 65.7% (water-soluble) [97]

Maize straw 550 ◦C 30 t ha−1 ~6 m Paddy soil 2.04 mg kg−1 50.4% (DTPA-extractable) [29]

Rice straw 450 ◦C 1−2% 96 d Paddy field soil 10.8 mg kg−1 Cd concentration decreased in
soil porewater [94]

Sugarcane bagasse 500 ◦C 1.5% 4 m Agricultural soil 50 mg kg−1 40.4% (DTPA-extractable) [21]
Corn stalk 550 ◦C 2% 30 d Arable land soil 2.0 mg kg−1 91% (CaCl2-extractable) [99]

Hickory nut shell 500 ◦C 30 t ha−1 ~6 m Paddy soil 2.04 mg kg−1 53.6% (DTPA-extractable) [29]
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Table 2. Cont.

Metals
Types of Biomass

Feedstock
Pyrolysis

Temperature
Dosage Duration a Soil Types

Total Metal
Content

Immobilization Efficiency
(Evaluation Method)

Reference

Pb

Soybean stover 700 ◦C 10% 90 d Agricultural soil 1945 mg kg−1 95% (NH4OAc-extractable)
95% (TCLP-extractable) [25]

Vegetable waste 500 ◦C 5% 45 d Agricultural soil 1445 mg kg−1 87% (NH4OAc-extractable) [100]
Bamboo sawdust 600 ◦C 37.5% 30 d Sediment soil 589.7 mg kg−1 100% (TCLP-extractable) [101]
Red pepper stalk 650 ◦C 2.5% 45 d Agricultural soil 1445 mg kg−1 65% (NH4OAc-extractable) [100]

Wheat straw 350−550 ◦C 40 t ha−1 3 y Paddy soil 100 mg kg−1 59% (CaCl2-extractable)
27% (DTPA-extractable) [98]

Bamboo 600 ◦C 15% 20 d Sediment soil 44.3 mg kg−1 73.2% (HOAc-soluble) [93]

Hg

Rice husk 550 ◦C 1−5% 10 d Field soil 1000 mg kg−1 >94% (TCLP-extractable) [102]

Rice hull 480−660 ◦C 24 t ha−1 118 d Farmland soil 129 mg kg−1 Hg concentration decreased by 44% in
soil porewater [28]

Wheat straw 350−450 ◦C 72 t ha−1 118 d Farmland soil 129 mg kg−1 Hg concentration decreased by 26% in
soil porewater [28]

Sewage sludge 600 ◦C 5% 17 w Paddy field soil 2.1 mg kg−1 MeHg concentration increased by 67%
in soil [41]

Sewage sludge 600 ◦C 5% 17 w Paddy field soil 65.3 mg kg−1 MeHg concentration increased by 29%
in soil [41]

Cr

Waste wood 900 ◦C 1−5% 11 w Tannery waste soil 12285 mg kg−1 28−68% (CaCl2-extractable) [103]
Sugarcane bagasse 500 ◦C 1.5% 4 m Agricultural soil 50 mg kg−1 49.6% (DTPA-extractable) [21]

Rice straw 500 ◦C 40 t ha−1 ~4 m Paddy field soil 432.8 mg kg−1

Cr(total): 48.1%
(HNO3/H2SO4-extractable)

Cr(VI): 22.3%
(HNO3/H2SO4-extractable)

[104]

Wheat straw 600 ◦C 0.25% 180 d Cr-spiked soil 308 mg kg−1 Cr(VI): 47.1% (TCLP-extractable)
Cr(VI): 65.5% (CaCl2-extractable) [105]

a Units explanation: d for days, w for weeks, m for months and y for years.
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4.1.1. Copper (Cu)

As described by Meier et al. [36], the functional groups (especially for -OH) and negative
ζ-potential existing in chicken-manure-derived biochar has been proved with high affinity for Cu.
The immobilization process of Cu is achieved by increasing soil pH value and inducing the liming
effect, to stimulate the complexation of Cu(II) with biochar surface functional groups (e.g., C=O and
phenolic-OH). Additionally, Rechberger et al. [30] found that carbonates and hydroxides in the ash
of woodchip-derived biochar are the important adsorbents for Cu(II), which are able to promote the
formation of CuCO3 and Cu(OH)2, and this is also illustrated by the bamboo-derived biochar prepared
by Zhang et al. [93]. Therefore, the essential point of Cu immobilization is to use the alkalinity of
biochar to improve soil pH value [92]. On the other side of the shield, the mobility of Cu is highly
affected by the content of soil-dissolved organic carbon (DOC). For instance, Park et al. [91] introduced
chicken-manure-derived biochar to Cu-spiked soil, which led to the increase of soil DOC content
and provoked the conversion of Cu(II) into Cu complexes with higher solubility. Wagner et al. [106]
also reported that the Miscanthus-derived biochar can increase the Cu concentration in soil solution.
In other words, the increase of Cu concentration in soil pore water is the proximate consequence of the
Cu(II) desorption from soil with the form of organic complex. Hence, the immobilization/mobilization
of Cu by biochar should be further studied according to the actual types of biochar.

4.1.2. Arsenic (As)

Phosphorus (P) and As have similar chemical properties and the soil P content is a critical factor in
controlling the mobility of As [25]. There is a significant positive correlation between phosphate content
and arsenate content in As-contaminated soils. After the soils are treated with P-containing biochar,
the competition between soluble phosphate and arsenate that occurred on the adsorption sites of soil
particles promoted the desorption of As from soil solid phase, and increased the As concentration in
pore water [45], such as soybean-stover-, pine-needle- [25], and rice-straw-derived biochar [94]. The role
of soil DOC is similar to P [95], but DOC has another effect. For example, Wang et al. [26] indicated that
the application of rice-straw-derived biochar under the anaerobic conditions increased the abundance
of Fe-reducing bacteria (e.g., Clostridum, Bacillus and Caloramator) in paddy soil, promoted the reduction
of As(V) adsorbed on the amorphous Fe/Al oxides. To be brief, the increase of DOC content in soils
enhanced the microbial reduction effect of As(V), and finally stimulated the release of As (III) from
paddy soil. Under the anoxic conditions, similar results were obtained in the application of oil palm
fiber derived biochar prepared by Qiao et al. [96]. Biochar, with high aromaticity and alkalinity,
and which can act as an electron shuttle, likes humus to promote the microbial reduction of Fe(III)
and As(V) simultaneously [26,96]. In addition, Choppala et al. [27] reported that the π-electrons
provided by the functional groups on the surface of chicken-manure-derived biochar could promote
the reduction of As(V), which is another important factor to enhance the mobility of As. However,
the Fe-biochar prepared by Yin et al. [94] and Mn-biochar prepared by Yu et al. [23] are able to adsorb
As to the Fe/Mn oxides of biochar surface, thus commendably limiting the migration of As into soil
solution, which proved the effectiveness of As immobilization by the modified biochar (not listed in
Table 2).

4.1.3. Cadmium (Cd)

The activity of Cd in soils strongly depends on soil pH value [99]. The alkaline substances
such as CO3

2−, PO4
3− and OH− contained in biochar commonly have strong adsorption and binding

capacity to Cd in soils, which makes the free Cd(II) transform into Cd(OH)2, Cd3(PO4)2 and CdCO3

precipitates [30]. The high adsorption affinity produced by the cation exchange effects of soil calcite
(CaCO3) with Cd(II) is the main factor to reduce the bioavailability of Cd; of course, the abundant
functional groups and large specific surface area in biochar are also critical for Cd immobilization [29].
For instance, Yin et al. [94] used 1~2% rice-straw-derived biochar to treat farmland soil in a mining
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area, and found that the Cd concentration in pore water of soil rhizosphere was significantly reduced,
and the corn-straw-derived biochar prepared by Gao et al. [99] decreased 91% of the CaCl2-extractable
Cd content in the farmland soil. Besides, Bian et al. [98] applied 40 t ha−1 wheat-straw-derived biochar
to paddy soil, and the CaCl2-extractable Cd and DTPA-extractable Cd was reduced by 59% and 24%,
respectively, over the past three years. Thereby, the result of biochar in increasing soil pH value is
extremely effective for the immobilization of Cd. It is worth mentioning that the basic substances in
biochar can also stimulate the deprotonation of acid functional groups of biochar, and further enhance
the adsorption capacity of Cd [107].

4.1.4. Lead (Pb)

The immobilization process of Pb in soils by biochar is relatively simple. For example,
Ahmad et al. [25] considered that the immobilization process of Pb stimulated by soybean-stover
-derived biochar is attributed to the π-cation electron donor–acceptor interaction, which occurs by
the π-electron-rich biochar graphene surface and π-electron-deficient positively charged Pb(II) ion.
Furthermore, the cation exchange and precipitation reactions between basic substances (CO3

2−,
OH− and other alkaline earth Ca2+, Mg2+) in biochar and Pb(II) are able to achieve a significant
immobilization effect of Pb, such as the formation of Pb3(CO3)2(OH)2 precipitation. In particular, the
poultry-manure-derived biochar [38] and the sewage-sludge-derived biochar [39] contain abundant
phosphates, which are able to form insoluble compounds, such as Pb5(PO4)3Cl, Pb5(PO4)3OH and
β-Pb9(PO4)6, with Pb(II) to reduce the mobility of Pb [25,101]. The functional groups also have certain
effects on the immobilization of Pb. Igalavithana et al. [100] reported that the vegetable-waste-derived
biochar not only improved soil pH value, but also promoted the immobilization of Pb by the strong
covalent bonding action of N-containing functional groups (especially for -NH2) on the biochar surface,
thereby effectively decreasing the concentration of NH4OAc-extractable Pb.

4.1.5. Mercury (Hg)

Hg, as a special metal, has great toxicity in soil, but biochar is an effective tool for soil remediation.
As Wang et al. [31] remarked, the carboxyl group in a hardwood-derived biochar surface and soil Hg(II)
ion develop a coordination reaction generating a complex of -COOHg+ precipitate, thereby reducing the
mobility of Hg and the thiol functionalities and sulfoxide groups are also able to react with Hg(II) ion to
form -S(Hg)- and [Hg(OSR2)6

2+] precipitates. Additionally, Xing et al. [28] found that rice-husk-derived
biochar possesses a higher sulfate concentration compared with wheat-straw-derived biochar, which
is more effective to promote the mercury–sulfur coordination reaction and to produce sulfides
precipitation. It is extremely important to know that methylation of Hg is a special environmental
biogeochemical behavior, and once the inorganic-Hg in soils is converted into methylmercury (MeHg),
its toxicity and bioaccumulation will be enormously enhanced [108]. The release of rice root exudates
reduced soil pH value, thereby enhancing the methylation of Hg, while the application of alkaline
biochar increases soil pH value and effectively inhibits methylation. Zhang et al. [41] reported
that sewage-sludge-derived biochar with high organic matter content can stimulate the growth and
activity of heterotrophic microorganisms in Hg-contaminated acidic farmland soil, thus promoting the
formation of MeHg. However, the utilization rate of MeHg in rice has been significantly decreased,
which led to the inhibition of MeHg accumulation in rice and effectively reduced the bioavailability of
organic-Hg [41].

4.1.6. Chromium (Cr)

Firstly, it should be pointed out that Cr exists in soils in the form of two valence states, namely
Cr(VI) and Cr(III). Therefore, the immobilization of Cr in soils is a complicated combination process of
adsorption–reduction–precipitation. The interaction mechanism between biochar and Cr is mainly
manifested in the surface adsorption effect of Cr(VI) by the oxygen-containing functional groups such
as C-O, C=O, -COOH and -OH in biochar, as well as the reduction reaction of electrons provided by
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biochar [105]. Specifically, biochar transforms Cr(VI) into Cr(III) with lower toxicity and solubility by
adsorption–reduction effects, and participates in the formation of Cr2O3 and/or Cr(OH)3 precipitation,
so as to achieve the purpose of Cr immobilization [109,110]. On the other hand, Choppala et al. [27]
applied chicken-manure-derived biochar to Cr-spiked soil with low organic matter content, which
significantly increased the supply of soil organic carbon and nutrients, enhancing the soil respiration
and microbial activity effectively and finally showing a superior microbial Cr(VI) reduction effect and
reduced the Cr biotoxicity. Moreover, Mandal et al. [111] found that the Cr(VI) reduction effect of
animal-manure-derived biochar in acidic soil was significantly higher than that in alkaline soil.

In summary, many HMs can be continuously immobilized in soil by biochar through specific or
non-specific surface adsorption. It is noteworthy that not only the activity of Cu and As are affected
by DOC content in soil, but also Pb and Cd. This phenomenon is attributed to the fact that the
high-dose application of biochar in soil results in the sharp increase of DOC content, which leads to the
complexation of Pb and Cd with DOC, and finally increases the mobility and bioavailability of Pb and
Cd. In addition, the adsorption and cation exchange reactions between HMs and biochar ash (e.g., K+,
Na+, Ca2+, Mg2+ and other alkali metal ions) are also important factors for the immobilization of HMs.

4.2. Effect of Biochar on Bioavailability of HMs in Soil

Plants mainly absorb, transport, and accumulate HMs from contaminated soil by roots. Thus,
the primary objectives of biochar soil remediation are limiting the migration and transformation rates
of HMs in soil and reducing their bioavailability, so as to prevent HMs from entering organisms
through the food chain and to eliminate their toxic effects. The ultimate goal of HM-contaminated soils
remediation is to increase crop yields on the premise of ensuring food production safety.

On the one hand, the introduction of biochar provides a source of organic matter, N, P, K, Ca, Mg
and other nutrients to the soil, which enhances soil enzyme and microbial activities. On the other
hand, the plant root environment, soil water retention and saturated hydraulic conductivity [112]
can be improved with the presence of biochar, and plant growth and nutrient absorption can be
promoted. Finally, it increases the plants biomass, and dilutes the content of HMs in plant tissues to
reduce their phytotoxicity. Meier et al. [36] indicated that 5% chicken-manure-derived biochar can
reduce the uptake of Cu from 66.9 mg kg−1 to 36.6 mg kg−1 in the aboveground part of Oenothera

picensis plants in copper-mine-polluted soil, and increase the biomass of shoots and roots by 3.5 times
and 3.1 times respectively. Xing et al. [28] reported that after applying 24 t ha−1 and 72 t ha−1

rice-husk-derived biochar to mercury-contaminated farmland soils, the Hg content in rice grains
reduced to 10 ng g−1 and 7.2 ng g−1, which significantly inhibited the transportation of Hg from soil to
rice grains, and successfully reached the national standard (below 20 ng g−1). Similarly, Li et al. [97]
applied 3% of soybean-straw-derived biochar (hydrothermal carbon at 350°C) to the arsenic and
cadmium co-contaminated farmland soil, which reduced the bioaccumulation of As in rice plants by
88%. Besides, compared with the control group, As(III) content decreased from 3.47 mg kg−1 to 0.29 mg
kg−1, As(V) decreased from 715 µg kg−1 to 150 µg kg−1, and the treatment effects on Cd were similar [97].
As for cadmium, a field trial studied by Zheng et al. [113] showed that, when the application rates
of soybean-straw-derived biochar and rice-straw-derived biochar were 20 t ha−1, the content of Cd
in rice roots, rice shoots, rice husks and rice grains decreased by 25.0~44.1% and 19.9~44.2%, and
46.2%~70.6% and 25.8%~70.9%, respectively. Furthermore, the effectiveness of rice-straw-derived
biochar in reducing Cd accumulation in rice grains was also confirmed in the long-term field effects
studied by Zhang et al. [29]. Cd contamination of farmland soil is particularly prominent in China, but
it happens that China is a large agricultural country, which has a large output of agricultural waste
with low cost. Considering the economic value of biochar application, using rice straw, wheat straw
and other agricultural wastes to produce biochar and returning it to the field is the best choice.

In a word, the immobilization effects of soil HMs, the limitation of HM uptake and accumulation
by plants, the enhancement of plant biomass, and the dilution effect of HMs in plant tissues are the
four pivotal performances of biochar to reduce the bioavailability of HMs [114,115]. Although certain
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HMs can be combined with soil DOC and converted into organic complex forms, which are activated
finally, these organic complexes commonly possess stability and are not readily or directly absorbed by
plants, which has little impact on HM content in plant tissues.

5. Potential Risks

Applying biochar as an addition to soil in-situ remediation should not only consider the HM
immobilization/mobilization effects, but also take into account the long-term stability and potential
ecological risks of biochar, which similarly depend on the type and performance characteristics of
biochar. Figure 2 briefly introduced the advantages and disadvantages of biochar in the remediation
of soil HM contamination. Firstly, it is reported that biochar may be the carrier of HMs [116],
volatile organic compounds (VOCs) [117], dioxin (PCDD/Fs) and polycyclic aromatic hydrocarbons
(PAHs) [118,119] and other toxic substances, and the demands for remediation of HM contamination
in soil varies from 1.5 to 72 t ha−1 or even higher [24,28,98,113]. Therefore, the toxic substances may be
released into the soil/air/water environment with the application of the double-edged biochar, which will
pose a secondary pollution and ecological risk. So far, from the perspective of soil, biochar plays
an important role in the carbon utilization and non-CO2 greenhouse gases emission reduction [104].
However, the research on increasing greenhouse gas emissions by biochar has also been reported,
i.e., under specific conditions, the application of biochar can promote the emissions of CO2 [120],
N2O [121], CH4 [122] to a certain extent. For example, although biochar can reduce CH4 emissions,
it may also promote N2O emissions, and vice versa, and this depends on the diversity of biochar
application conditions. Therefore, the emission reduction effect of biochar cannot be reflected in all
types of greenhouse gases, and blind application may cause negative effects, so the biochar–greenhouse
gas interaction should be considered in the field application of biochar. Meanwhile, other research has
indicated that biochar can inhibit the efficacy of soil pesticides and their biodegradation effects [123],
which makes the ability of agricultural weeding and insecticides unable to achieve the expected
effects. The residue of pesticides may be related to the strong adsorption and binding capacity of
biochar. Furthermore, although biochar can improve the biological activity of bacteria (e.g., Geobacter,
Anaeromyxobacter and Clostridium) [26,96], it may bring about a negative impact on the survival, growth
and diversity of, for example, acidophilic earthworm and fungi biological communities [124,125].

Figure 2. Advantages and disadvantages of biochar in the remediation of soil HM contamination.
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6. Summary and Future Perspectives

It is a feasible strategy of green, economic and environmental protection to apply biochar to
remediate the HM-contaminated soil. Several thermochemical conversion technologies have been
used to prepare biochar, and the performance characteristics of biochar are highly affected by the type
of feedstock materials, pyrolysis temperature, and residence time. The immobilization or mobilization
mechanisms of HMs includes complexation, reduction, cation exchange, electrostatic attraction and
precipitation reactions. The HM uptake and accumulation of plants can be suppressed by biochar
through the variation in soil pH value, DOC content, and other alkaline mineral substances content,
and achieve the goal of promoting plant growth, reducing HM bioavailability and improving soil
quality in unison.

Modern soil environmental management and remediation technologies are beginning to pay
attention to the long-term stability of biochar and the ecological responses of contaminants with the
most toxicological fractions. Consequently, in order to meet demand and application-based results,
the future application of biochar is predicted as follows:

(1) It is expected that the secondary ecological risks in the process of biochar production will
still need to be focused on, i.e., the formation of HMs, VOCs, PCDD/Fs and PAHs. These pollutants
are essentially derived from biomass, so it is necessary to screen and pretreat raw biomass materials
to remove HMs. In addition, we must adjust the pyrolysis temperature, residence time, pyrolysis
atmosphere, pressure conditions and other process parameters to minimize the generation of associated
pollutants. Furthermore, it is necessary to establish and perfect the regulatory systems related to the
application of biochar in practical engineering.

(2) With the passage of time, soil components will occur varying degrees of physicochemical and
biochemical changes, including the properties of biochar (aged biochar) in the meantime. Although
the research on soil HM immobilization by biochar has developed to laboratory pot experiments and
short-term field trials, the ultimate goal is to extend it to large-scale engineering applications. Hence,
carrying out long-term positioning tests in different types of HM-contaminated soil must be conducted,
so as to further verify the long-term stability of biochar and its long-term effects on soil environment
(such as aggregation, surface potential and density magnitude), and lastly to ensure the quality and
safety of agricultural land.

(3) Biochar cannot completely remediate the heavy metals contaminated soil. Therefore,
in order to improve the remediation/improvement effects of multi-heavy metals contaminated soil,
the multifunctional biochar materials (e.g., biochar inoculated with microorganisms and biochar
modified by chemicals and minerals) should be gradually put on the stage of engineering application.

(4) The advantages and disadvantages between the economic cost (production) and benefit value
(application) of biochar need to be carefully measured. In order to enhance economic availability,
easier production processes and cheaper sources of raw biomass materials need to be discovered,
which could provide a platform for improving production efficiency and reducing economic burdens,
i.e., to achieve the purpose of commercial practicality.
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Abstract: The quality of water is continuously under threat as increasing concentrations of pollutants
escape into the aquatic environment. However, these issues can be alleviated by adsorbing pollutants
onto adsorbents. Chitosan and its composites are attracting considerable interest as environmentally
acceptable adsorbents and have the potential to remove many of these contaminants. In this review
the development of chitosan-based adsorbents is described and discussed. Following a short intro-
duction to the extraction of chitin from seafood wastes, followed by its conversion to chitosan, the
properties of chitosan are described. Then, the emerging chitosan/carbon-based materials, including
magnetic chitosan and chitosan combined with graphene oxide, carbon nanotubes, biochar, and acti-
vated carbon and also chitosan-silica composites are introduced. The applications of these materials
in the removal of various heavy metal ions, including Cr(VI), Pb(II), Cd(II), Cu(II), and different
cationic and anionic dyes, phenol and other organic molecules, such as antibiotics, are reviewed,
compared and discussed. Adsorption isotherms and adsorption kinetics are then highlighted and
followed by details on the mechanisms of adsorption and the role of the chitosan and the carbon
or silica supports. Based on the reviewed papers, it is clear, that while some challenges remain,
chitosan-based materials are emerging as promising adsorbents.

Keywords: chitosan; adsorbent; carbon; graphene oxide; silica; magnetic separation; dyes; heavy
metals; adsorption; Langmuir isotherm

1. Introduction

Improving water quality is one of the major environmental challenges worldwide to
be solved, since water resources are increasingly scarce due to population growth, climate
change and increased demand for water in industrial and agricultural activities [1]. In
addition, the inappropriate disposal of organic and inorganic contaminants combined with
disinformation and neglect in the treatment of these compounds can result in irreversible
damage to the aquatic environment and, consequently, to humans [2,3]. Dyes, phenolic
compounds, metallic ions and micropollutants, such as pesticides and drugs, have all been
detected in wastewaters, surface and even drinking water, indicating that the conventional
methods used in treatment plants are not optimised for their removal [4]. Consequently,
the removal of these pollutants with high toxicity, even when present at low concentrations,
has been increasingly studied in the scientific world [5,6].

Several techniques have been developed based on hybrid systems [7], membrane
filtration [8] and biological degradation [9] to reduce the content of pollutants in water.
However, the slow response, sensitivity and high energy demand are some of the disad-
vantages of such techniques. In addition, they are not very efficient when the effluent has a
low content of suspended colloidal particle and a high load of organic matter. A promising
alternative to the treatments mentioned is adsorption, due to its simplicity of operation and
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effectiveness [10]. Therefore, the search for new adsorbent materials that can be used to
remedy aquatic contamination has been stimulated. The biopolymer chitosan is attracting
considerable interest as a matrix for adsorbent material development, since this biopolymer
has a high density of hydroxyl groups (–OH) and primary amines (–NH2) that act as active
adsorption sites, making it an efficient adsorbent [11].

Chitosan (β–(1–4)–D–glucosamine) is a polysaccharide that possesses two types of
monomers, one containing an acetamido group (2–acetamido–2–deoxy–β–D–glucopyranose
residues), and another containing an amino group (2–amino–2–deoxy–β–D–glucopyranose
residues). Chitosan is not available directly in the environment, it is obtained from chitin
(β–(1–4)–N–acetyl–D–glucosamine), usually by the alkaline or enzymatic N-deacetylation
of chitin [12–14]. The characteristic that differentiates the structure of chitin and chitosan is
the substitution of the acetamide group at position 2. This directly influences the solubility
properties of these compounds, with chitin being insoluble and inert, and chitosan soluble
in weak acids [13,15].

Currently, chitin and chitosan are produced commercially in Japan, United States,
India, Poland, Australia, and Norway, and to a lesser extent, in Canada, Italy, Chile and
Brazil [16,17]. The annual production of chitin in nature has been estimated to be as high
as 1 × 1010 to 1 × 1012 tonnes [18], which makes this biopolymer a cheap and available
resource. However, as the biodegradation rate of chitin is slow, the production of high
amounts through shrimp and seafood processing creates an environmental problem, and
the conversion of this waste material into high-value products, such as chitosan, can be an
attractive solution [19].

During the past few decades, many researchers have focused on the development of
chitosan-based materials to solve problems in environmental and biomedical engineering
fields, and in the development of innovative products for other different applications [20–22].
From 2010 to 2015, more than 15,000 articles and about 20 books on chitosan were published
worldwide. This ever increasing interest is connected with the attractive properties of chitosan,
such as biodegradability, low toxicity and biocompatibility, coupled with the availability of
natural resources required for its chemical and enzymatic modifications for specific end
uses [19,23]. Chitosan has been used in many fields such as food, medicine, cosmetics and
wastewater treatment [24]. In addition, the efficient utilisation of marine biomass resources
has become an environmental priority that leads to intensified research on chitosan production
and its applications [25].

In this review, the applications of chitosan-based materials as adsorbents for the removal
of pollutants from aqueous environments are reviewed. Although there are a number of
review articles that describe the environmental applications of chitosan [19,24,26,27], in this
review we focus initially on the sources, properties and chemical modifications of chitosan
and discuss the various factors that influence its properties as a material for the removal
of pollutants. Next, we review the support materials utilised and combined with chitosan,
including the emerging carbon and silicon supports, providing a more comprehensive account
than previously published.

2. Chitosan

Chitin is the second most abundant natural polysaccharide (biopolymer) on Earth,
following cellulose [26]. In 1811, the first chitin was extracted by Henri Bracon from
mushrooms and was named initially as “fungine”. In 1823, Odier [28] found the same
material in the insect exoskeleton and called it chitin. Later, chitin was found in crab
shells, confirming that it can be found in the crustacean exoskeleton. In 1859, Charles
Roughet discovered that chitin could be transformed into a water-soluble form after
chemical modification [19]. In 1894, this chemically modified chitin was called chitosan
by Hoppe-Seyler [29,30]. Although chitin was discovered 30 years before cellulose, most
of the research was focused on cellulose, due to the high investments made by the textile
industries. Thus, chitin and chitosan remained restricted only to basic research during this
period. Around 1970, interest in natural products increased and investigations directed at
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exploring the potential applications of chitosan began to attract considerable attention [13].
In 1977, the “1st International Conference on Chitin and Chitosan” was organised in Boston,
USA, where the scientific and industrial communities leveraged the world’s interest in
these biopolymers [23].

2.1. Source and Production

Chitosan is derived from chitin, usually obtained from natural sources such as the
residues of shrimp, crab and lobster, fungal mycelia and green algae [15,31,32]. This
biopolymer can also be found in the exoskeletons of insects and fungal cell walls, as
shown in Figure 1a. Chitin content in fungi varies between 19% and 42%, compared to
the exoskeleton, where chitin can reach up to 75% [29,33]. Not all shellfish wastes are
good sources of chitin. The blue crab (Callinectes) contains 14% of chitin, while oyster
and clam shells have chitin content in the range of 4–6% [29,34]. Chitin content can vary
with the proportion of minerals, proteins, and carotenoids, depending on the species,
reproductive cycle phase, nutritional status, age, and also the peeling conditions during the
processing [13,17]. Chitosan can be obtained by deacetylation of chitin through enzymatic
or alkaline methods (Figure 1b). However, the enzymatic method has been limited only to
the laboratory scale, while the alkaline method has been more widely used on an industrial
scale, due to its short processing time, simplicity, and low operational costs [29].
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Figure 1. (a) Examples of chitin content from different sources, (b) Chitin deacetylation methods to produce chitosan.

2.1.1. Enzymatic Methods

The first step in the production of chitosan is the extraction of chitin from the seafood
waste and this can be achieved using both biological and chemical approaches. The
biological process involves the use of bacteria, that produce organic acids, and enzymes for
the demineralisation and deproteinisation of crustacean shells [35]. In the demineralisation
step, the lactic acid produced by bacteria reacts with the calcium carbonate component
in the crustacean biomass waste resulting in the formation of calcium lactate, which can
be precipitated and removed by washing, while proteases from the bacteria eliminate
proteins [35]. Bacillus cereus A21 has shown high activity with both the demineralisation
and deproteinisation steps from shrimp shell wastes, 91% and 80%, respectively [36].
Likewise, the deproteinisation and demineralisation from natural crab shell wastes by
Bacillus pumilusA1 were 94% and 80%, respectively [37]. These results suggest that the chitin
production process by the enzymatic method of the seafood wastes could be applicable
and become a friendly environmental alternative.
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The deacetylation step that gives rise to the production of chitosan can be promoted
by chitin deacetylase. This enzyme was first found in Mucorrouxii (Zygomycetes) in 1974,
by Araki and Ito [38]. In 1984, Davis and Bartnicki-Garcia found evidence that changes in
the culture medium during the fungi growth phase can directly influence the production
of chitosan [39]. The reaction mechanism of the chitin deacetylase from Mucorrouxii is
considered as a multipoint attack mode; specifically, the enzyme systematically hydrolyses
acetyls from the non-reducing end of the binding site after it binds to a substrate chain,
and then leaves the substrate and binds to another one [40]. Strains that produce a large
amount of extracellular deacetylase with high activity are very valuable in the production
of chitin deacetylase and the production of chitosan. Nevertheless, there are still some
problems such as low enzyme activity and low yields of deacetylase-producing strains.
Moreover, natural chitins are crystals, not a good substrate for deacetylase. Hence, many
preparations still need to be carried out before the chitin deacetylase method can be used
in the industrial production of chitosan [41].

Chitin deacetylase-producing bacteria, such as Serritia sp. and Bacillussp, may replace
the current fungal strains. This microorganism culture method is another possibility to
obtain chitosan, removing the acetyl groups by catalysing the substrate with the enzymes
produced by these microorganisms. Moreover, bacteria grow faster than fungi in large-
scale fermentation processes. Recently, research has concentrated on the breeding of
microorganism strains and optimisation of the culture medium. Chitosan formed by this
method has shown good ion adsorption capacity [41], making it suitable for environmental
applications.

2.1.2. Alkaline Methods

The traditional chemical methods to extract chitin from crustacean shell wastes involve
three steps: demineralisation, deproteinisation and decolourisation. In the first step,
crustacean shells are washed, dried, and grounded to smaller sizes [42]. In order to remove
mineral constituents, mainly calcium carbonate, the powdered raw material is treated with
dilute hydrochloric acid followed by the precipitation of calcium chloride. Alkali treatment
is used for deproteinisation of the demineralised shells. Proteins are eliminated through
solubilising with dilute aqueous sodium hydroxide and in the process, N-acetyl groups
within the polymer backbone are hydrolysed. The recovery of protein may be obtained
by lowering the pH to about 4.0. An additional decolourisation step can be incorporated
when a colourless product is required. Acetone or organic solvent mixtures are used to
remove the pigments such as carotenoids [15].

Chitosan is obtained by deacetylation of chitin in 40–45% sodium hydroxide, as
shown in the sketch of Figure 2. The alkaline treatments hydrolyse the acetyl groups and
transform the N–acetyl–D–glucosamine units into D–glucosamine units with free NH2
groups [15]. Chitosan, with different degrees of deacetylation, is generated depending
on the reaction temperature, time, and concentration of the alkaline solution [43]. An
additional purification step can be performed to obtain high purity chitosan. For this,
the deacetylated product is dissolved in acid, centrifuged or filtered, and the chitosan is
precipitated through the addition of alkali generating pure chitosan (90–95%) in paste form.
These steps can be repeated to obtain higher purity chitosan (purity >99.9%) [15,23].
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Figure 2. Process of obtaining chitosan by the deacetylation alkaline treatment of chitin from shrimp shell wastes.

The drying of chitosan is an important step in its production. In general, after dry-
ing, the desired product should contain a moisture content lower than 10% (wet basis),
to ensure good physicochemical and microbiological aspects during prolonged storage.
Polymerisation and Maillard reactions are the main alterations that should be avoided
during the drying operation [44]. Chitosan is composed mainly of carbohydrate monomer
units that, at high temperatures, are capable of undergoing caramelisation of the polymer.
Therefore, in this process, one of the key parameters is temperature [45,46]. Different
techniques have been used to obtain good quality dried chitosan, such as spouted bed
drying [47], spray drying [48], convective tray drying [49], oven drying and infrared dry-
ing [50], lyophilization [51] and low-pressure superheated steam drying [52]. All these
techniques have shown that the most important factors are temperature and residence
time, which must be controlled to obtain a high-quality product. For example, Dotto
et al. [47] have shown that an increase in the temperature (from 90 to 100 and 110 ◦C), using
a spouted bed drying technique, causes an increase in powder darkening, an increase in
molecular weight (from 147 to 25 kDa) and increased particle size (from 100 to 200 µm).
Hence, the best powder quality was obtained at 90 ◦C, which resulted in the final humidity
content being within the commercial range (10%).

2.2. Structure and Properties

Chitosan, a partially deacetylated product of chitin, is a biopolymer composed of β–
(1–4)–D–glucosamine, as shown in Figure 3. This biopolymer is a glycosaminoglycan and
consists of two common sugars, β–(1–4)–2–acetamido–D–glucose and β–(1–4)–2–amino–
D–glucose, glucosamine, and N–acetylglucosamin, respectively. The proportion of each
depends on the alkaline treatment, and usually deviates from an equal contribution. In
terms of structure, chitosan is analogous to cellulose, in which the hydroxyl (in cellulose)
has been replaced by acetamido or amino groups (in chitosan) at carbon-2 [53]. Thus, unlike
other polysaccharides abundant in carbon, oxygen, and hydrogen; chitin and chitosan
contain additional nitrogen (6.89%), making them interesting commercially [54].
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Figure 3. Chemical structure of chitin and chitosan.

The physicochemical properties of chitin and chitosan strongly depend on molecular
chain orientation and regular packing. The abundance of hydroxyl groups and highly
reactive amino groups in chitosan or its N-acetyl counterpart with a strong tendency for
intra- and inter-molecular hydrogen bonding, results in the formation of linear aggregates
and rigid crystalline domains. However, chitosan is usually less crystalline than chitin,
which presumably makes chitosan more accessible to reagents and, consequently, more
soluble. Most of the aqueous acids dissolve chitosan whereas chitin is soluble in very few
solvents. The protonation of amino groups by acids along the chitosan chain creates a
multitude of cationic sites, which increases its solubility by increasing the polarity. This
unique property expands the potential applications of chitosan, including its ability to
adsorb different pollutants. Amine groups, for example, are strongly attracted to metal ions
due to the lone pair of electrons on the nitrogen atoms [55,56]. The protonation of these
amine groups may lead to the electrostatic attraction of anionic compounds, such as anionic
dyes [57] and halogens [58]. Moreover, the existence of these free –NH2 and −OH active
groups allows the adsorption of other pollutants, such as, phenol [59,60], antibiotics [61,62]
and pesticides [63]. Hence, the chitosan adsorption capacity depends on its crystallinity,
affinity to water, and deacetylation percentage [64].

The main properties of chitosan are summarised in Table 1. Some of the intrinsic
properties of chitosan, such as its polycationic character in acid media, its ability to form
hydrogen bonds, van der Walls and electrostatic interactions, make it an efficient adsorbent
material. Other characteristics, such as the degree of deacetylation (DD), crystallinity,
molecular weight (MW), solubility, surface area and particle size will all influence the
properties of the final chitosan-based material and its adsorption potential [23]. Therefore,
these properties and their optimisation are central in the formation of efficient adsorbent
materials.
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Table 1. Main chitosan properties, according to the information reported in [13,27].

Physicochemical properties

• Linear aminopolysaccharide with a high nitrogen
content

• Ionic conductive
• Cationic biopolymer with high charge density
• Flocculating agent
• Complexing and chelating properties
• Existence of reactive groups for chemical activation

and cross-linking
• Adsorption properties
• pKa varies from 6.5 and 6.7
• Enable to form intermolecular hydrogen bonds

Biological properties

• Bioadhesivity
• Non-toxic
• Bioactivity
• Adsorbable
• Biodegradable
• Antimicrobial activity
• Blood anticoagulants
• Antiacid, antiulcer and antitumoral properties
• Hypolipidermic activity

2.2.1. Deacetylation Degree

The deacetylation degree (DD) of chitosan is one of the most important parameters
as it defines the acetyl content in the biopolymer and it can be increased by repeating or
prolonging the alkaline treatment step in the chitin deacetylation process [15]. It can be
easily determined using several analytical tools, including UV spectrophotometry [65],
X-ray diffraction [66], FTIR-spectroscopy [67,68] and titration methods [69–71]. Increases in
DD lead to an increase in the number of free amino groups on the chitosan polymeric chain.
These amino groups are responsible for differences in the physicochemical properties and
structure of chitosan, due to intra- and inter-molecular hydrogen bonds. As a consequence,
the chitosan solubility and polycationic character are increased, expanding the applications
of chitosan [72].

The control and manipulation of the physicochemical properties of chitosan, such
as the mechanical properties, crystallinity, swelling and thermal degradation, have been
shown to correlate with the distribution of the acetyl groups along the main chain [73,74].
With an increase in the DD, the charge density along the chain increases and the chitosan
chain becomes more flexible, tending to form a random coil with more inter- and intra-
molecular hydrogen bonds within the chain. In Table 2, the influence of DD on the
physicochemical properties is shown, where it is seen that the DD % has a significant
impact.
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Table 2. Influence of deacetylation degree (DD) on physicochemical properties of chitosan in different forms.

Form DD (%) Properties Results Ref.

Films 82, 80–85, 100 Crystallinity, tensile strength, %
elongation, swelling index

Crystallinity and tensile strength increased, while % elongation and swelling index
decreased with increase in DD (highest MW) [75]

Powder 76–92 Thermal degradation Thermal stability decreased with increase in DD [76]

Films 70–95 Crystallinity, tensile strength, %
elongation, swelling index

Crystallinity and tensile strength increased with increase in DD, swelling index
decreased with increase in DD; % elongation increased when the DD increased from

70% to 80% and decreased when the DD increased from 80% to 95%
[77]

Microspheres 48, 62, 75 Swelling index Swelling index increased with increase in DD [78]

Membranes 75, 87, 96 Crystallinity, swelling index, tensile
strength, % elongation

87% DD presented lower crystallinity and mechanical properties, but higher
swelling index than 75% or 96% DD [79]

Nanofibers 59, 76, 85 Thermal degradation Thermal stability decreased with increase in DD [80]
Films 15–70 Tensile strength, % elongation Tensile strength, and % elongation increased with increase in DD [81]

Sponge 58, 73, 82, 88, 91 Swelling index, tensile strength Swelling index increased and tensile strength decreased with increase in DD [82]

Films 72–85 Crystallinity, tensile strength, %
elongation, degradation rate

Crystallinity increased and tensile strength decreased with increase in DD, %
elongation decreased when the DD was increased from 72% to 75% and decreased

when it increased from 75% to 85%. No difference in degradation rates
[83]

Beads 83,94,96 Tensile strength, thermal degradation Tensile strength, thermal stability increased with increased in DD [84]
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In most cases, an increase in DD was shown to result in an increase in tensile strength
and crystallinity and a decrease in the percentage of elongation of the materials. This
effect of increasing tensile strength with increasing DD is usually attributed to an increase
in crystallinity of the chitosan. Chitosan chains with higher DD have fewer acetyl side
groups leading to a more efficient and regular packing of the polymer chains, which in turn,
promotes crystallinity in the chitosan [77,85,86]. On the other hand, chitosan with lower
DD presents more acetyl side groups that prevent regular packing of the chains due to steric
hindrances leading to a reduced crystalline or an amorphous structure [77,86]. Despite the
improved tensile strength and stiffness of the chitosan which is observed on increasing the
crystallinity this also leads to an increase in the brittleness and a decrease in the percentage
of elongation [86]. For example, Zhuang et al. [86] evaluated chitosan films with different
DD (81.0%, 88.1% and 95.2%). They reported that the tensile strengths of chitosan films
increased from 28.86 to 32.96 MPa and the elongation decreased from 54.31% to 41.66%
as DD increased from 81.0% to 95.2%. In applications where film-formation properties of
chitosan are important, chitosan with improved tensile strength is an advantage [81,87].
Liu et al. [88] developed composite films of gelatin and chitosan of different MW and
DD, and evaluated the interactions between the two polymers in order to improve the
films produced. It was verified that the tensile strengths of gelatine films were improved,
especially when using chitosan of higher DD and MW. On the other hand, Moura et al. [89]
reported a decrease in tensile strength and in elongation of chitosan films with increasing
DD, while Nunthanide et al. [75] found both an increase and decrease in tensile strength
and elongation, depending on the molecular weight, on increasing DD. These studies
which account for the role of MW in the observed results are interesting and highlight the
role of both MW and DD.

DD also influences the swelling and thermal degradation characteristics of
chitosan [77,78,90,91]. These studies have shown that chitosan with higher DD exhibits
faster thermal degradation rates and reduced swelling, as compared to lower DD chitosan.
These characteristics may also depend on crystallinity. Chitosan with higher DD and crys-
tallinity are expected to have a close-packed microstructure, which limits water permeation
and thus reduced swelling [77]. Moreover, a decrease in the N-acetyl content results in a
decrease in the thermal stability as the N-acetyl domains are more thermally stable than
the deacetylated ones [92]. Khoulenjani et al. [90], in using chitosan with different DDs
(56%, 64% and 74%), showed that the swelling index decreased from 216% to 115% with
an increase in DD from 56% to 74%. Nunthanide et al. [75] also reported that the films
become more brittle with a lower swelling index with an increase in DD. Wanjun et al. [93]
verified that an increase in DD resulted in a decrease in the thermal stability of chitosan
due to the decreased acetyl content. This relationship between thermal effects and the
DD of chitosan has also been confirmed by Kittur et al. [76]. In another study, Tavares
et al. [84] demonstrated that the DD of chitosan had a positive influence on the thermal
degradation behaviour. They prepared genipin-crosslinked chitosan beads and evaluated
the effect of the chitosan DD (83%, 94% and 96%) on their characteristics. It was verified
that the chemical interactions between chitosan and genipin result in a material more
thermally stable, especially when a higher chitosan DD (96%) was used. This behaviour
was attributed to the decrease in the hydrophilic groups available to form hydrogen bonds
with water molecules, resulting in a material more thermally stable.

However, the highly hydrophilic character of chitosan with high DD might be a
disadvantage for its surface modification and hence limit the development of chitosan-
based materials. Iamsamai et al. [94] have shown that the DD of chitosan plays a critical
role in the dispersion of multiwall carbon nanotubes (MWCNTs) and their stability. They
confirmed that the chitosan surface coverage on the MWCNTs was twice as high when
modifying the surface of the nanotubes with the 61% DD than when using the 93% DD
chitosan; suggesting that the dispersion of MWCNTs with chitosan might be improved
when using chitosan having a lower DD level.
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In addition to the above properties, DD also affects the adsorption properties of
chitosan-based materials, since it is linked directly to its cationic properties. Piccin et al. [95]
studied the adsorption of FD&C Red 40 dye by chitosan powder with different deacetyla-
tion degrees. It was shown that an increase in the DD from 42% to 84% caused an increase
in the adsorption capacity from 266 to 373 mg g−1. Habiba et al. [96] prepared a chi-
tosan/polyvinyl alcohol/TiO2 composite with different DD for methyl orange adsorption.
They have shown that the adsorption capacity was higher for the composite containing
chitosan with higher DD. Furthermore, the composite containing chitosan with higher DD
was more reusable and stable with good adsorption capacity even after 15 regenerations.
Józwiaket al. [97] have developed chitosan adsorbents with different forms (flakes and
hydrogel granules) and different DD (75%, 85% and 90%) to remove Reactive Black 5 (RB5)
from aqueous solutions. The highest adsorption capacity (1559.7 mg g−1) was obtained for
the chitosan-hydrogel granules formed with 90% DD. Chitosan hydrogel granules reached
up to 224% higher adsorption capacity (qDD75% = 1307.5 mg g−1) than chitosan in the form
of flakes (qDD75% = 403.4 mg g−1), which indicated that the chitosan form is also important
to the adsorption operation. Besides, the DD of chitosan had a particularly large impact
on the RB5 adsorption effectiveness of chitosan in the form of flakes. The adsorption on
the flakes with a 90% DD was 1049.6 mg g−1 and was higher by 260% than on the flakes
with 75% DD. All the authors of these studies concluded that the DD had influenced the
physicochemical properties as well as the interactions of chitosan with the pollutants in the
adsorption process. Therefore, DD is a major factor in matching chitosan to other materials
to develop potential adsorbent materials [98].

2.2.2. Molecular Weight

The molecular weight (MW) of chitosan is a characteristic associated with the number
of monomeric units per polymer molecule (n). The deacetylation process brings about a
change in MW and depending on the source and preparation procedure, the average MW
of chitosan may range from 50 to 2000 kDa [99]. The MW of chitosan can be measured by
light scattering, high-performance liquid chromatography (HPLC) and viscosimetric meth-
ods [23]. Chitosan can be classified as low molecular weight (LMW), medium molecular
weight (MMW) and high molecular weight (HMW) [99]. Generally, the MW of chitosan
can be modified by using depolymerisation techniques where the high MW chitosan is
converted to a lower MW. These MW modifications are important as they can preserve the
integral structure of chitosan [99,100].

The control, evaluation and modifications of this characteristic are fundamental since
MW affects many of the physicochemical properties, including solubility, viscosity, crys-
tallinity, tensile strength, adsorption and elasticity. Consequently, MW has a significant
effect on the applications of chitosan. Zhou et al. [73] prepared hydrogels with different
MW of chitosan and verified that the viscosity of the hydrogels increased with MW, in-
creasing from 88 to 1360 kDa at 37 ◦C. Moreover, the increase of MW was favourable for
sol-to-gel transition and high molecular chitosan was optimal for hydrogel preparation.
In Table 3, the various molecular weights employed in chitosan-based materials are sum-
marised. In all cases, the MW is a key factor that influences the tensile strength (TS) and
elongation-at-break (EB) properties, as well as the different physical forms of chitosan.

Zhong et al. [101] studied the effect of MW on the properties of chitosan films and
found that the conductivity, viscosity, surface tension, and crystallinity of the chitosan film
were raised with increasing MW due to an increase in the proportion of amine-groups
and degrees of chitosan chain entanglements. Moura et al. [89] verified that the tensile
strength, elongation-at-break and water barrier properties of chitosan films were improved
with an increase in MW. On the other hand, Ziani et al. [102] showed that the low MW
films exhibited greater tensile strengths and percentage of elongation compared to the high
MW films despite the high DD of the low MW chitosan. In this study, they verified that
the MW had more influence on the mechanical properties than DD. These characteristics
were attributed to the number of hetero-monomers, which form stronger films than the
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character of the acetylated or deacetylated monomers. In general, according to Tables 2
and 3, several studies have demonstrated that DD and MW can be used to manipulate
the physical-mechanical and the thermal degradation properties of chitosan materials.
However, these studies also highlight that there is a significant and complex interaction
between DD and MW and this interaction can lead to conflicting results, e.g., tensile
strengths have been shown to increase and decrease with an increase in DD, according to
the MW, and increasing MW can both increase and decrease the percentage of elongation,
depending on DD. It is also noted that the type or mode of fabrication of the chitosan (e.g.,
films, gels, membranes, etc.) may be further influenced by the DD and MW properties.

Table 3. Tensile strength (TS) and elongation-at-break (EB) properties of chitosan-materials with
different molecular weight (MW) chitosan.

Material Chitosan MW (kDa) TS (MPa) EB (%) Ref.

Chitosan film
6.55 8.67 ± 1.72 32.53 ± 4.78 [101]

12.93 12.05 ± 2.24 35.52 ± 6.32
47.70 11.51 ± 2.25 25.74 ± 3.69

Chitosan coated
cellulose paper

25.00 9.70 ± 1.50 6.7 ± 1.3 [103]
2100 13.40 ± 1.50 6.9 ± 0.5

Chitosan film
101.0 22.30 ± 0.2 8.7 ± 0.2 [89]
153.6 29.50 ± 0.1 11.4 ± 0.2
201.7 39.80 ± 0.1 15.7 ± 0.2

Chitosan-starch
composite film

LMW 5.77 ± 0.62 9.04 ± 1.42 [104]
MMW 20.90 ± 3.52 4.67 ± 0.58
HMW 22.30 ± 2.21 9.09 ± 0.42

2.2.3. Solubility

The solubility of chitosan is a fundamental property that is particularly important in
the fabrication of chitosan-based materials [17,26,105]. The main factors that affect this
property are DD and MW. It is known that due to the high degree of acetylation, chitin
is hydrophobic making it insoluble in water and most organic solvents, decreasing its
applications [13]. On the other hand, with higher DD levels, more amino groups in the
molecular chain become protonated to give higher degrees of solubility [106,107]. However,
an increase in the MW brings about an increase in the intra- and inter-molecular hydrogen
bonds within the chains, giving rise to entanglement of the chains and a reduction in
solubility [108].Chitosan is soluble in weak acids but insoluble above a pH of 7. The pH has
a significant influence on the charged state and properties of chitosan due to the presence
of the amino groups [74]. At low pH, the amino groups of chitosan are protonated and
become positively charged which leads to a soluble cationic polyelectrolyte. However, as
the pH increases to above 6, the amino groups of chitosan are deprotonated, the biopolymer
loses its charge, and this gives an insoluble structure. The soluble-insoluble transition
occurs at about a pH of 6.5 (pKa of the amino group). This characteristic makes chitosan a
cationic polyelectrolyte (pKa ≈ 6.5), one of the few found in nature [19,27].

In addition to the properties mentioned previously, solubility depends also on the
type of acid used [13]. Formic acid is one of the best solvents when aqueous solutions of
chitosan are required and the formic acid concentrations can range from 0.2–100% [14].
Acetic acid (1%) has been the most used solvent for the solubilisation of chitosan [13].
However, acetic acid solutions with high concentrations and at elevated temperatures can
give rise to the depolymerisation of chitosan [109]. Rinaudo et al. [109,110] observed that
for acetic and hydrochloric acid, the chitosan solubility was entirely related to the pH
and to the ionic strength, while Kurita et al. [111] verified that it was dependent on chain
flexibility, degree of ionisation, crystallinity, solvation of the chain, and the presence of
acetyl-glucosamine blocks. Shamov et al. [112] have observed that chitosan solubility is
also influenced by interactions between the hydrocarbon chains of the carboxylic acids.
There are many other factors that have vital effects on chitosan solubility. These factors can
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include alkali concentration, temperature, time of deacetylation, prior treatments applied
to chitin isolation, particle size, etc. [113]. In addition, these studies also highlight that
solubility in acidic solution imparts the chitosan with excellent gel-forming properties and
can expand the potential applications of chitosan-composite materials.

2.2.4. Surface Area and Particle Size

Chitosan surface area and particle size are important characteristics which are related
to the porosity, pore volume and pore size distribution of the chitosan. Surface area and
particle size are fundamental for adsorption applications, since accessible sites and a porous
structure are required [114,115]. It is known that chitosan powders or flakes are non-porous
materials which present a low surface area (lower than 10 m2 g−1) [23]. Thus, chemical
and physical modifications of chitosan have been performed to increase the surface area
and improve potential applications [17,27,58,59,116,117]. Phongying et al. [118] obtained
chitosan directly from chitin and prepared chitosan nanoscaffolds in order to improve
the surface area, particle size and pore volume. They verified that the surface area of
their chitosan scaffolds (55.75 m2 g−1) was approximately seven times higher than the
commercial chitosan flakes (7.70 m2 g–1). Moreover, the pore volume and pore size of the
chitosan nanoscaffolds were higher. Esquerdo et al. [119] developed chitosan scaffolds and
verified that the new material had a specific surface area, porosity and pore volume of
1135 m2 g−1, 92.2% and 0.0079 m3 kg−1, respectively. These values are higher that other
chitosan-based materials, such as chitosan powders (surface area of 4.2 m2 g−1 and pore
volume of 9.5×10−6 m3 kg−1) [120], chitosan flakes (surface area range of 4–6 m2 g−1),
chitosan beads (surface area range of 30–40 m2 g−1) [121], chitosan hydrogel beads (porosity
of 85%) [122], and chitosan–graphene mesostructures (surface area of 603.2 m2 g−1) [123].
These studies confirm that modification of chitosan leads to an improvement in the surface
area and, consequently, in the porosity and pore volume.

Moreover, the particle size of the adsorbents has a significant effect on the final solute
concentration, and hence on the overall performance of the adsorption process. Larger
particle sizes reduce the uptake due to the lower specific surface area. Thus, an increase in
surface area of adsorbent results in new active sites formed, thus allowing more binding of
solute molecules [124]. Piccin et al. [120] investigated the effects of particle size, surface area
and pore volume of chitosan on the adsorption of FD&C Red 40. The particle sizes used
were 0.10, 0.18 and 0.26 mm, with surface areas of 4.2, 3.4 and 1.6 m2 g−1, respectively. The
results showed that an increase in the surface area and a decrease in particle size doubled
the adsorption capacity. Dotto et al. [57] evaluated chitin and chitosan as adsorbents
for tartrazine dye. They verified that chitosan showed better adsorbent properties than
chitin due to its higher deacetylation degree and higher surface area, pore volume and
pore size. These characteristics are particularly important for adsorption applications
because it provides access to large pollutant molecules, enabling them to reach the internal
adsorption sites.

3. Chitosan Supports

Although chitosan is an effective adsorbent for a variety of pollutants (as illustrated
in Section 2), it nevertheless suffers from poor mechanical properties and thermal stability
combined with a relatively low surface area. Therefore, it is not surprising that it has
been modified with a variety of other additives to form composites or hybrids. These
additives include cellulose [125,126], starch [127], other biopolymers such as alginate [128],
gelatin [129], clays, such as bentonite [130], zeolites [131], metal organic frameworks
(MOFs) [132], conducting polymers, such as polypyrrole [133] and other polymeric systems
comprising methacrylamide [134],polyacrylamide [135], polyurethane [136], poly(vinyl
alcohol) [137] and lignosulfonate [138]. These additives are interesting because they can
form interpenetrated polymers with chitosan.
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3.1. Chitosan Combined with Carbon-Based Materials

In more recent times, there has been considerable interest in combining chitosan (CS)
with carbon-based materials as many carbon-based materials have very good adsorption
qualities and these materials can also be employed to enhance the surface area of the
adsorbents. Shown in Figure 4 is a summary of the number of papers published in 2019
and 2020 that have employed chitosan combined with various carbon-based materials
as adsorbents. It is clearly evident from this analysis that it is graphene and especially
graphene oxide (GO) that is dominating the carbon-based materials, with a somewhat
lower number of papers describing the use of activated carbon. In the following sections,
these CS/carbon-based materials are introduced, highlighting their properties and abilities
to facilitate adsorption.

π π

Figure 4. Number of papers published in 2019 (open) and 2020 (solid) focussed on various CS/carbon-
based materials, where the carbon materials are graphene oxide (GO), carbon nanotubes (CNT),
biochar (BC) and activated carbon (AC). All data taken from Scopus.

3.1.1. Chitosan/Graphene Composites

Since its discovery, graphene has been used in a wide variety of applications, ranging
from sensors [139], batteries [140], electro-Fenton [141] to electronics [142]. It has also
been recognised as an adsorbent material, as it possesses a large surface area and there is
considerable evidence to show that π-π interactions occur between the aromatic rings of
various organic pollutants and the basal planes of graphene [143]. These π-π interactions
occur between aromatic pollutants and pristine graphene, but fortunately graphene oxide,
which is considerably easier to synthesise and is more cost effective, is an especially
promising adsorbent [144]. GO contains a number of oxygen containing functional groups,
such as epoxides (C–O–C), hydroxyl (–OH), carboxylic (–COOH) and carbonyl groups
(>C=O) [145], while other oxygen containing groups, such as ketones and quinones, have
also been detected [146]. These functional groups can facilitate the binding of positively
charged molecules through electrostatic interactions [147]. Indeed, numerous studies have
demonstrated the excellent ability of GO to adsorb various planar aromatic molecules, such
as dyes, through a combination of π–π stacking, electrostatic interaction and hydrogen
bonding [148,149].

Graphene oxide (GO) is normally synthesised by oxidising graphite using the well-
known modified Hummers method [150]. The interlayer spacing increases as the graphite
is oxidised to give GO sheets that can be exfoliated through a relatively simple liquid-phase
exfoliation and/or ultrasonication. The GO sheets are stable in colloidal solutions and
are easily combined with chitosan to give CS/GO composites. Typically, the chitosan is
dissolved in acetic acid and the GO is added to form a homogeneous mixture. The CS/GO
hydrogel can be easily formed, by a combination of violent shaking and sonication [144],
adding NaOH [151], freeze drying [152], or by employing solvothermal reactions [153].
Chitosan is a positively charged polysaccharide at near neutral pH due to protonation
of the amino groups and therefore it attracts the negatively charged GO sheets. These
electrostatic interactions combined with hydrogen bonding facilitates the formation of

73



Molecules 2021, 26, 594

the CS/GO hydrogel to give stable composites with excellent thermal and mechanical
properties [154], as illustrated in the schematic provided in Figure 5. Indeed, it has been
shown by Fan et al. [155] using FTIR measurements, that the –NH groups on the chitosan
chains react with the –COOH groups of GO to form a linking –NHCO– group. Using these
approaches, CS/GO composites have been formed as beads [156], membranes [157,158] and
columns [144,159] and employed successfully as adsorbents for the removal of pollutants
from aqueous media.

γ

Figure 5. Schematic representation of the interactions between chitosan and GO.

Several studies have been reported using CS/GO composites and these hydrogels have
been employed to adsorb and remove various dyes from water [160], heavy metal ions [161],
phenolic compounds [162] and pharmaceutical and personal care products [163]. In more
recent years, other components have been added in an attempt to further enhance the
adsorption capacity of the CS/GO composites, while three-dimensional GO and graphene
based aerogels have also been developed and these are now described in turn.

Magnetic Chitosan/GO

Magnetic chitosan has emerged as an exciting new material in environmental ap-
plications and recently there has been much interest in the applications of magnetic
CS/GO [164,165]. The introduction of magnetism facilitates the separation of the ad-
sorbent from the aqueous medium through a simple magnetic process [166]. It is normally
difficult to separate chitosan-based adsorbents, and indeed other adsorbents, from aque-
ous environments through conventional filtration and sedimentation techniques, as these
adsorbents can block filters and are often lost, contributing to secondary pollution. The
Fe3O4, a ferromagnetic black iron oxide, is the most widely employed, as it possesses good
compatibility, low toxicity and also has high magnetic properties [167]. Furthermore, it
contains both Fe(II) and Fe(III), and with the presence of Fe(II), which has the potential to
act as an electron donor, oxidation of the pollutants can be achieved. Fe3O4 can also be
formed as rods, spheres, wires and nanoparticles and these can be combined with CS/GO.
There has also been a report where FeO(OH) was utilised with CS/GO [168], while γ-Fe2O3
has been combined with chitosan and employed as a magnetic adsorbent [169].

Magnetic CS/GO can be easily formed through both in-situ [170] and ex-situ meth-
ods [171] and variations of these two approaches. The GO/Fe3O4 can be initially formed
before being combined with chitosan [172], or the CS/Fe3O4 can be firstly formed [173].
For example, Singh et al. [165] used the reactions between the carboxyl and epoxy groups
on GO and the amine groups on chitosan to form amide and hydroxyl functionalised
groups that facilitated the conversion of the iron ions to the iron oxide, enabling the in-situ
preparation of the magnetic CS/GO. Alternatively, the Fe3O4 nanoparticles can be ini-
tially synthesised using simple methods, such as co-precipitation using ferric and ferrous
salts, as illustrated in the schematic provided in Figure 6a. The Fe3O4 nanoparticles are
then combined with the CS/GO hydrogel [174]. Using these approaches, Tran et al. [175]
showed that a large number of the Fe3O4 nanoparticles were immobilised onto the GO
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sheets, Figure 6b, while Rebekah et al. [164] also concluded that the Fe3O4 nanoparticles
became attached to the edges and basal planes of GO.

(a) 

(b) 

 
Figure 6. (a) Schematic representation of the co-precipitation method used to prepare Fe3O4 (b) SiO2

coated Fe3O4 nanoparticles deposited and dispersed on GO.

The dispersion and aggregation, size dispersion and shape of the Fe3O4 nanoparticles
within the hydrogels are all important characteristics in terms of their performance as
adsorbents. In general, the Fe3O4 nanoparticles appear aggregated, due to their magnetic
nature [173]. Some authors have estimated the particle sizes or have observed some isolated
particles among the clusters. Spherical Fe3O4 clustered particles were observed by Gul
et al. [167] with some isolated particles of approximately 90 nm. Shafaati et al. [176] have
prepared spherical Fe3O4 particles with an average size of 45 nm with evidence of some
agglomeration, but when they were combined with chitosan an increase in the particle size
was observed, indicating more extensive agglomeration during the reaction with chitosan
or as the authors suggested, the chitosan polymer chains may provide links between the
neighbouring Fe3O4 particles. Again, Jiang et al. [177] have shown that the Fe3O4 particles
can become severely aggregated, but when the Fe3O4 particles were coated with silica
the aggregation was markedly reduced. TEM micrographs indicated that the GO sheets
were decorated with the silica coated Fe3O4 particles with the more wrinkled GO sheets
providing more adsorption sites for the particles. A similar finding, highlighting the role of
silica in reducing aggregation of the Fe3O4 particles, was reported by Tang et al. [178]. This
reduction in the aggregation was attributed to a decrease in the dipole-dipole interactions
between the silica modified Fe3O4 nanoparticles. Furthermore, the inert silica coating
layers can protect the magnetic cores as the Fe3O4 particles are susceptible to dissolution
and corrosion in acidic solutions, which lead to the loss of magnetism [179], as illustrated
in Figure 6b.

Chitosan/rGO

While GO is the main form of graphene employed with chitosan, there is also evidence
to show that reduced GO, designated as rGO, can be employed to give CS/rGO hydrogel
adsorbent materials. The rGO is formed through the reduction of GO and this can be
achieved using various thermal approaches, where the GO is heated to high temperatures to
transform the oxygen-containing groups to gaseous CO or CO2 [180], reducing agents, such as
borohydride or ascorbic acid [181], or through the electrochemical reduction of GO [182–184].
However, it is very difficult to completely reduce GO and maintain it in the fully reduced form
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and therefore rGO will always contain some oxygen-containing functional groups. The rGO is
considerably more conducting compared to GO, and therefore it can be easily decorated with
various metals or metal oxide particles or single atoms. Indeed, Pradeep and co-workers [185]
employed the conducting nature and properties of rGO to form well dispersed and uncapped
silver, gold, platinum, palladium and manganese oxide decorated rGO, which was then
supported within a chitosan hydrogel. The redox reaction between the metal ion precursors
and rGO leads to the progressive oxidation of rGO back to GO, providing the metal decorated
graphene sheets with functional groups, facilitating its incorporation within chitosan.

CS/rGO has also been combined with Fe3O4 to give magnetic CS/rGO adsorbents
and employed to give the effective adsorption of an antibiotic [186] and dyes [187]. While
the conducting rGO can be beneficial in depositing well dispersed metal/metal oxide
particles through reduction, there is evidence to show that CS/GO composites have a higher
adsorption capacity when compared with the reduced GO counterparts. For example,
Gu et al. [188] compared the performance of chitosan combined with GO and rGO in
adsorbing and removing a dye from aqueous solutions and found that while adsorption
was evident with both systems, the CS/GO was the more efficient adsorbent. This appears
to be related to the presence of the functional groups providing a combination of π–π
stacking, electrostatic interaction and hydrogen bonding with the pollutants [148,149].

Chitosan with 3D Graphene, Graphene Aerogels, Foams and Sponges

Although GO sheets can be well dispersed within chitosan, restacking of these sheets
can occur over time to give GO aggregates and this, in turn, will reduce the surface area
of the adsorbent, reducing its adsorption capacity. Consequently, there has been increas-
ing interest in using three-dimensional (3D) GO or rGO hierarchical macrostructures for
environmental applications [189,190]. The 3D GO structures can be fabricated as foams,
sponges and as porous or macro-porous aerogels [191] and are based on the bending and
wrinkling of the GO sheets to give a low mass density and very high specific surface
areas [192]. These 3D materials have the potential to act as scaffolds with very good me-
chanical strength and a high specific surface area, facilitating adsorption. Moreover, they
are easily recovered from the liquid phase following adsorption. However, 3D GO and rGO
structures without any other additives can have relatively poor stability in water, but this
stability can be enhanced considerably by combining the 3D GO network with biopolymers
such as chitosan. Indeed, it was shown by Ma et al. [193], in studying the adsorption and
removal of methylene blue, that the GO foam was susceptible to collapse, but its macro-
scopic morphology could be maintained over three repeated uses when combined with
chitin. Similarly, 3D GO combined with high molecular weight chitosan was successfully
applied in five repeated cycles of adsorption followed by regeneration, achieving a 90%
adsorption capacity [152]. Very good stability and recyclability was also achieved with
layered chitosan/GO sponges, with a regeneration efficiency greater than 80% over five
cycles [194]. A number of CS/aerogel composites have been formed and these have been
employed successfully in the removal of Cu(II) [195], tetracycline [196], azo dyes [197],
anionic and cationic dyes [198], hexavalent chromium [199] and 4-nonylphenol [151].

Chitosan/GO with Other Additives

Other additives have been combined with CS/GO adsorbents and these have in-
cluded β-cyclodextrins exploiting the hydrophobic properties of the β-cyclodextrin to
enhance the adsorption of dyes. These β-cyclodextrin modified CS/GO composite ma-
terials have been fabricated and employed to adsorb methylene blue [200]. In this case
the authors clearly showed that the extent of adsorption was enhanced on going from GO
to CS/GO to CS/GO/β-cyclodextrin, illustrating the beneficial effects of incorporating
the β-cyclodextrin. Yan et al. [201] employed a similar CS/GO/β-cyclodextrin compos-
ite to adsorb Mn(II), while Li et al. [202] found that the added β-cyclodextrin improved
the adsorption of Cr(VI). Similar findings were reported in studying the adsorption of
hydroquinone [203] and dye molecules [204].
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Polypyrrole, a well-known conducting polymer, has also been combined with CS/GO
by polymerising the corresponding pyrrole monomer within the CS/GO dispersion. This
gives ternary hydrogel composites with a conducting polymer that has the ability to bind
anionic and cationic species as dopants and these materials have been shown to give
efficient adsorbents [205,206]. Moreover these hybrids can be further decorated with
magnetic nanoparticles, enabling the removal of the adsorbent from water following
the adsorption process [207]. Other polymeric systems that have been combined with
CS/GO include polyacrylamide [208] and polyacrylate [209]. These high molecular weight
polymers can improve the swelling and adsorption behaviour of the CS/GO hydrogels.

Although chitosan has a number of binding sites for metal ions, some of these are con-
sumed in the crosslinking with the GO sheets. Consequently, additives that have additional
binding sites have been added with the aim of enhancing the adsorption capacity. Particu-
larly interesting additives include polydopamine, a mussel adhesive, that is easily formed
through the oxidation and polymerisation of dopamine in slightly alkaline solutions [210].
It is a promising adsorbent material [211]. Polydopamine has a high density of amine and
catechol groups and the combination of chitosan and polydopamine gives more binding
groups and has been used to adsorb Cr(VI) [212] and Cu(II), Pb(II) and Cd(II) [213]. Other
interesting materials are layered double hydroxides (LDHs) that have the general formula
[M2+

1–xM3+
x(OH)2]x+[(An–)x/nmH2O] where M2+ and M3+ are the divalent and trivalent

cations, respectively, such as Fe2+ and Al3+, while An−1 represents the intercalating anions.
These layered materials have very good adsorption properties for metal ions and have
been used extensively for the removal of heavy metal ions [214]. It is not surprising that
LDHs have recently been combined with chitosan and GO to give efficient adsorbents
with enhanced adsorption performances [215,216]. Recently, metal-organic frameworks
(MOFs) have also been combined with CS/GO [217,218] to give good adsorption properties.
MOFs have received considerable interest in environmental science and chemistry as these
materials have high porosity and high specific surface areas, with tunable pore structures.
Indeed they have been used for heavy metal adsorption and are attracting applications in
wastewater treatment [219]. However, MOFs, which are typically powders, are difficult to
separate from aqueous environments and this is limiting their environmental applications.
The CS/GO hydrogel provides a matrix for encapsulating these powdered materials and
as detailed earlier the GO sheets can be easily decorated with magnetic iron to introduce
magnetic separation.

A number of other additives has been combined with CS/GO, such as kaolin as
a filler to enhance the mechanical strength of the hydrogel composite [220], lignosul-
fonate for additional binding sites [221,222], triethylenetetramine providing amine groups
to enhance adsorption [223], hydroxyapatite to enhance strength and adsorption capac-
ity [224] and silica as it contains a number of silanol groups (Si–OH) [225] and it can be
furthermore employed to aid the dispersion of GO within chitosan to give effective adsor-
bents [226]. Moreover, other biopolymers have been combined with chitosan to form blends
which are then combined with GO to give high performing adsorbents. These comprise
CS/GO/gelatin [227], CS/GO/alginate [228], CS/GO/heparin [229] and CS/GO/cellulose
blends [230].

3.1.2. Chitosan/Carbon Nanotubes

Carbon nanotubes (CNTs), like GO sheets, have high surface areas and excellent
stability. Therefore, there has been considerable interest in combining these carbon-based
materials with chitosan to give adsorbent materials. CNTs are now readily synthesised
as single-walled (SWCNT) and multi-walled nanotubes (MWCNT), distinguished by the
number or graphitic layers folded over to form the tubes, with very high aspect ratios. They
can be well dispersed within chitosan minimising their agglomeration. For good dispersion,
the CNTs are normally treated in nitric acid to generate –COOH groups [231] and these
groups can also bind with the chitosan. More recently, the CNTs have been functionalised
with valine and starch to aid their dispersion within chitosan and enhance their affinity
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for the adsorption of heavy metal ions [232]. In addition, they have been coated with
polydopamine thin films to aid dispersion and minimise aggregation within chitosan [233].
Similar to that employed in the formation of CS/GO, the CS/CNTs are formed by initially
dissolving the chitosan in acetic acid, then the CNTs are added, dispersed and normally a
crosslinking agent, such as glutaraldehyde [215], is used. These CS/CNT composites have
been employed as adsorbents and used in the removal of Cr(VI) [234], V(V), Cr(VI), Cu(II),
As(V) and Ag(I) from biological and environmental samples [235], Cu(II) [236], U(VI) [237],
Pb(II) [238], phosphate [239], phenol [60], fluoride [58], diazinon [240], food dyes [241] and
dyes [242].

Magnetic separation has also been developed and this provides a convenient method
to remove the CS/CNT adsorbents from the aquatic environment. This is especially im-
portant for CNTs as there is considerable concern over the environmental and ecological
risks associate with the release of CNTs into the environment [243,244]. For example,
Zhou et al. [245] decorated CNTs with –NH2 functionalised super paramagnetic CoFe2O4
nanoparticles and combined these magnetic CNTs with chitosan and employed the re-
sulting composites for the removal of Pb(II) and tetrabromobisphenol A. Magnetic Fe3O4
nanoparticles have also been used to form magnetic CS/CNTs composites and employed
to remove Pb(II) [246].

Multicomponent and multifunctional CS/CNTs have also been formed. For example,
CS/CNT has been further modified with poly(acrylic acid) and poly(4–aminodiphenylamine).
The resulting adsorbent enabled the removal of Cr(VI) through adsorption and reduction to
the Cr(III) species. The partially oxidised poly(4–aminodiphenylamine) was transformed
in the presence of Cr(VI) into its fully oxidised form with the corresponding reduction of
Cr(VI) to Cr(III) [247]. Alsabagh et al. [248] have fabricated a multifunctional nanocompos-
ite comprising chitosan, well dispersed silver and copper nanoparticles and CNTs for the
adsorption of Cu(II), Cd(II) and Pb(II). Other components have been added to CS/CNT and
these include a prussian blue analogue [249], while a cellulose acetate (CA) and chitosan
solution were used as an electrospinning solution and employed to form multicomponent
electrospun CA/CS/CNTs/Fe3O4/TiO2 nanofibers [250].

CS/CNTs have also been formulated to give selective adsorption. While many adsor-
bents can give relatively high adsorption capacity, it is more challenging to obtain selective
adsorption. One avenue that can be employed is imprinting technology. This has been used
successfully with ion imprinted polymers, whereby the polymer is formed with a template
molecule through a copolymerisation process. The template molecule is then removed
leaving behind cavities in the polymer matrix with an affinity for that template, facilitating
its rebinding. Li et al. [251] have used this approach to form CS/CNTs composites for the
selective capture of Gd(III) by imprinting the chitosan with the Gd(III).

3.1.3. Chitosan/Biochar

Biochar (BC) is a porous carbon rich material which is obtained through the pyrolysis
of organic matter, in the presence of a limited concentration of oxygen. It has attracted much
attention in environmental applications as it has a porous structure [252,253]. Moreover, it
is a cost-effective material as it is fabricated from wastes, mainly agricultural and forestry
waste materials. However, the adsorption capacity of biochar is limited and the density of
the functional groups on its surface depend on the pyrolytic temperature with a general
loss in these functional groups as the pyrolytic temperature is increased [253]. Accordingly,
much attention has been paid to the modification of the biochar production process and
modification of the surface through oxidation and/or functionalisation, to give more
effective adsorbents [254,255]. Treatment of the BC with H2O2 is an interesting modification
that gives rise to an increase in the concentration of the oxygen-containing functional groups
and aids the removal of heavy metal ions from water [254].

Chitosan has been coated onto biochar surfaces [256] and employed as a dispersing
and stabilising reagent to form CS/BC composites [257,258]. The BC powders are difficult
to retrieve from aqueous solutions, but when the BC is incorporated within the chitosan
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hydrogel, it is more readily separated from the solution phase. Separation can be further
facilitated by forming magnetic CS/BC hydrogels [259,260]. In addition, by using the
chitosan solution phase, it is possible to add a number of other additives or reagents in
addition to the BC, giving the composite more functional properties. For example, while
CS/BC composites have a number of functional groups, such as amine and hydroxyl
groups, other additives that increase the number of functional groups can be introduced
within the hydrogel matrix. Using this approach, pyromellitic dianhydride (PMDA) has
been employed as it can react with the amine groups of chitosan to give additional amides
and carboxyl groups and this facilitates electrostatic interactions and complexation with
heavy metal ions [261]. Indeed, it was found that the CS/PMDA modified BC exhibited
selective adsorption for Cu(II) and this was attributed to the N-containing functional
groups and carbonyl groups. Moreover, poly(acrylic acid), with carboxylate groups, was
grafted to the chitosan modified BC to give not only additional functional groups, but
also enhance chemical stability with stronger intermolecular forces [262]. Supramolecules,
such as cyclodextrins, which have hydrophobic cavities and hydrophilic exteriors, and
can form inclusion complexes with a wide range of organic molecules, have also been
combined with CS/BC to give higher performing adsorbents [263]. These CS/BC com-
posites have been employed as adsorbents in a number of studies to remove heavy metal
ions from water [264], including Cr(VI) [265]. In addition, they have been utilised in the
removal of phosphates [266], nitrates and phosphates [267], fluorides [268], benzoates [269]
and various antibiotic and pharmaceutical molecules, such as diclofenac, ibuprofen and
naproxen [270], ciprofloxacin [271,272] and ofloxacin [273].

3.1.4. Chitosan/Activated Carbon

Activated carbon (AC) is well-known as an adsorbent material. It has been used in a
number of environmental applications [274]. However, its relatively high cost is limiting
its more widespread applications. One of the more commonly used starting materials in
the synthesis of AC is coal [275], but given the depleted amounts of coal now available,
this gives rise to an increase in the price of coal-based AC. Consequently, there is a recent
focus on developing more environmentally acceptable synthesis and fabrication methods,
using starting materials such as mandarin peel [276] and coconut shell [274]. Another
avenue being exploited is the fabrication of multifunctional adsorbent materials that contain
relatively small amounts of AC. Chitosan, with its high density of functional groups and
good dispersion properties, is an ideal companion material. Indeed, there is evidence to
suggest that this combination is effective as an adsorbent material. On comparing the
maximum adsorption capacities of AC, chitosan and CS/AC for Cd(II), Hydari et al. [277]
observed values of 10.3, 10.0, and 52.63 mg g−1 for AC, chitosan and CS/AC, respectively.
Likewise, Auta and Hameed [278] observed synergistic effects between AC and chitosan in
the removal of cationic and anionic dyes, while Fatombi et al. [279] also concluded that the
best performance was achieved with a CS/AC composite.

CS/AC composites have been formed using commercially available activated car-
bon, coconut shell charcoal/carbon [280,281], renewable waste tea [278], sapotaceae seed
shells [282] Typhalatifolia leaves [283] and olive stones as the carbon source [284]. These
composites can be formed through a surface modification process, where the surface of the
AC is modified by chitosan [285]. Babel et al. [280] concluded that surface modification of
coconut shell charcoal with chitosan significantly improved the adsorption of Cr(VI). They
also found that the pre-treatment of the AC with acids gave rise to enhanced adsorption.
Amuda et al. [281] arrived at a similar conclusion, and showed that chitosan coated acid
treated coconut shell carbon was very effective in the removal of Zn(II). Alternatively, the
chitosan can be dissolved in acid and then the AC can be added in the form of a powder to
generate CS/AC [286,287]. Crosslinking agents, such as glutaraldehyde [288], genipin [289]
or epichlorohydrin [290], can be added to generate the composite hydrogels. With this
latter approach, the ratio of activated carbon to chitosan can be easily varied [291], while
other additives can be introduced. For example, a CS/AC was formed with SiO2/Fe3O4
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to give magnetic CS/AC [288], while CS/AC was combined with an anionic surfactant,
sodium dodecyl sulphate (SDS), to adsorb a cationic dye [292]. In addition, chitosan has
been blended with polyvinyl alcohol [293,294], and polyethylene glycol [295] and then
combined with activated carbon, while CS/CA has also been combined with alginate to
form CS/CA/alginate adsorbent beads [289].

Activated carbon fibres, regarded as the third generation of carbonaceous adsorbents,
have also been employed with chitosan. These have been utilised as membranes [296] and
have been decorated with iron oxides and modified with chitosan to remove arsenic, phenol
and humic acid from water, with high adsorption capacity for As(V) [297]. Magnetic acti-
vated carbon nanofibers based on chitosan and cellulose acetate have also been fabricated
for the adsorption of Cr(VI), Ni(II) and phenol from aqueous solutions [298]. In addition,
a number of magnetic CS/AC composites has been formed with the majority involving
Fe3O4 [299,300], while others have employed CoFe2O4 [301] and barium ferrite [302].

These CS/AC composites have been evaluated for the removal of phenols [303],
parabens [304], dyes [305], food dyes [306], anti-inflammatory drugs [307], acetaminophen [308],
organic molecules, such as aniline [309], and various heavy metal ions [289]. Generally, there is
good agreement that the combination of chitosan and AC gives rise to enhanced adsorption,
when compared to the individual chitosan and AC counterparts.

3.2. Chitosan Combined with Inorganic Adsorbent Materials

While chitosan has been combined with various carbon based materials, as illustrated
in Section 3.1, there is growing interest in the use of inorganic components, such as activated
alumina [310], mesoporous alumina [311], silica and ordered mesoporous silica-based mate-
rials, as the chitosan support materials [312,313]. Silica has very good physical, mechanical
and thermal stability and can be easily functionalised due to its hydroxyl groups. In
particular, mesoporous silica is a fascinating material, which first gained prominence in the
1990s with a regular mesostructure, with uniform pore distribution and tunable pore sizes,
very high specific surface areas, combined with thermal and mechanical stability [314]. It
is attracting considerable interest as an adsorbent material [315]. These materials can be
formed by a simple sol–gel synthesis route comprising hydrolysis, condensation and poly-
condensation reactions using various templates or surfactant molecules [316]. In particular,
the template-assisted mesoporous silica synthesis using surfactants is gaining considerable
attention. Typically, liquid silicon alkoxide precursors, such as tetramethyoxysilane or
tetraethoxysilane are used. The successive polymerisation, gelation, drying and aging steps
can be tailored to control the microstructure of the final materials. The surfactant–silica
assembly occurs simultaneously with condensation of the inorganic species to produce the
mesoporous silica composite.

CS/silica composites have been formed using a variety of methods which can be
broadly grouped into two main approaches, comprising silica supported chitosan, where
the chitosan is coated or adsorbed onto the silica support, and secondly a CS/silica hy-
brid that is fabricated using the sol-gel methodology. Several reports have focussed on
SiO2 as a bead, particle, nanoparticle or powder, where the SiO2 particles are added to
the chitosan solution phase to give a chitosan coated particle [317]. The SiO2 particles
can also be functionalised with amine and carboxylic groups to give more efficient bind-
ing with the chitosan [318]. Silica layers have also been added to previously formed
chitosan-based beads to give organic-inorganic (CS/silica) layered structures, with greater
stability [319] and sol-gel synthesis has been employed to immobilise chitosan onto silica
particles [320]. Sol-gel synthesis is more commonly used to form a CS/silica hybrid layer
on silica bead/particle supports [321,322]. For example, Xu et al. [323] covalently linked
chitosan with an epoxide containing siloxane through the sol-gel process to give a hybrid
chitosan layer on silica particles. The CS/silica hybrid has been further modified with
EDTA (ethylenediaminetetraacetic acid), which is very well known to form stable chelates
with a number of metal ions [324], to give adsorbents for heavy metal ions [325]. While
the sol-gel synthesis is very versatile, Blachnio et al. [326], on comparing three CS/silica
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composites formed by the adsorption of chitosan on silica gel and fumed silica and by the
sol-gel process, concluded that the adsorbed chitosan had a higher adsorption capacity for
dye molecules, although the CS/silica fabricated using the sol-gel synthesis had a high
surface area of 600 m2 g−1.

There has been considerable interest in combining mesoporous silica with chitosan
to combine the good adsorption properties of chitosan with the large surface area and
adjustable pore size of silica. Likewise, magnetic mesoporous silica, which has a magnetic
Fe3O4 core surrounded by the mesoporous silica is attracting a lot of attention in envi-
ronmental applications [327]. These magnetic materials are environmentally acceptable
with no toxicity, are biocompatible, have high surface area, very good stability and the
outer mesoporous silica can be functionalised and modified by chitosan to add functional
groups. The cross-linking method can be employed to decorate the mesoporous silica
with the chitosan. Cross-linking agents, such as glutaraldehyde [328], formaldehyde [329]
and epoxides [327], can be used, while in a recent study, He et al. [330] used thiol-ene
click chemistry to achieve binding between chitosan and magnetic mesoporous silica. The
surface areas, pore sizes and volumes of a number of these materials are summarised in
Table 4. In general, the surface area, pore size and volume of the mesoporous silica are
reduced as higher amounts of chitosan are added and partially fill the pores. However,
these chitosan and mesoporous silica composites possess good surface areas with a high
density of functional groups and with the potential to give magnetic separation.

Table 4. Surface area, pore diameter and pore volume of CS/mesoporous silica composites and
hybrids.

System
Surface

Area/m2 g−1
Pore Size

/nm
Pore Volume/

cm3 g−1 Ref

CS 130.2 3.98 0.482 [331]
CS/silica (electrospun) 272.3 3.52 0.431

SBA-15 809.4 6.6 1.10 [332]
SBA-15 (10% CS) 653.9 6.6 0.90
SBA-15 (20% CS) 461.9 6.7 0.80

CS 150 - 0.753 [312]
CS/silica (43% CS) 342 - 1.092

Silica 739 - 3.645
SBA-15 876 7.8 1.30 [333]

SBA-15/CS/Fe2O3 446 6.7 0.90
CS/silica (81.3% Si) 357.3 8.18 0.730 [325]
CS/silica (74.4% Si) 309.7 6.19 0.479
CS/silica (59.9% Si) 268.1 6.08 0.407

4. Adsorption and Removal of Pollutants

The removal of pollutants from aquatic environments through adsorption is one of
the more popular approaches in environmental applications. The aim in these technologies
is to remove the maximum amount of pollutant and therefore adsorption isotherms have
been used extensively to develop an understanding of the adsorption equilibria. In this
section, these adsorption models are briefly introduced, followed by adsorption kinetics
and finally a comparison of the performance of the various chitosan composites is made.

4.1. Adsorption Models and Adsorption Kinetics

Adsorption isotherms are frequently employed in the study of adsorption, facilitating
a quantitative comparison of different adsorbent materials. In addition, they are often
used to optimise the use of adsorbents, by observing the adsorption capacity as a function
of the experimental conditions. Several different isotherm models have been employed
to analyse experimental adsorption data and these include the Langmuir, Freundlich,
Temkin, Frumkin, Redlich-Peterson (R-P), Halsey, Henderson and Dubinin-Radushkevich
isotherms. However, the two most frequently used models with chitosan and chitosan-
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based composite materials are the Langmuir [223,334] and to a lesser extent the Freundlich
isotherms [335]. The Langmuir adsorption model is described in Equation (1) and the
linear form commonly employed in fitting data in Equation (2). Here qe is the equilib-
rium concentration of the adsorbate, qm is the monolayer adsorption capacity, Ce is the
concentration of the adsorbate in the aqueous phase and K is a constant. In this model
all sites are considered as energetically equivalent, to give monolayer adsorption with
no interactions between adjacent adsorbates. In this analysis, the adsorbent has a finite
capacity for the adsorbate and a saturation point is reached where no further adsorption
occurs. The BiLangmuir model can also be applied with chitosan-based composites [317]
and, in this case, the relationship is given in Equation (3), where qm1 and qm2 represent
the maximum adsorption capacities of two different adsorption sites and KL1 and KL2
correspond to these two sites. The Freundlich model assumes multilayer adsorption on a
heterogeneous surface and can be described by Equations (4) and (5), where qe represents
the amount of adsorbent adsorbed at the surface, Ce is the equilibrium concentration,
and n and KF are the Freundlich constant and Freundlich exponent, respectively. The
Freundlich constant, KF, provides a measure of the adsorption capacity and the magnitude
of n is related to the extent of adsorption with n > 1, indicating favourable adsorption.
An adsorption plot, using simulated data, is illustrated in Figure 7, where a schematic of
monolayer and multilayer adsorption is also shown. In this example, the experimental
data are more consistent with the Freundlich isotherm.
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e (4)
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−

Figure 7. Schematic of an adsorption plot showing experimental data (symbols), with the ——
Freundlich isotherm and − − − Langmuir isotherm fitting and the inset shows monolayer and
multilayer adsorption processes.
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The kinetics of the adsorption process are important as these studies provide infor-
mation on the rate of adsorption which is relevant in terms of the contact time required to
remove the maximum amount of adsorbate. The Lagergren rate equation is one of the most
widely used adsorption rate equations for the adsorption of adsorbates from a solution
phase and this has been used with various chitosan composites [336]. The pseudo-first
order (PFO) and pseudo second-order models (PSO) are described in Equations (6) and (7)
where qt and qe represent the mass of the adsorbing molecule per unit mass of adsorbent
at time t and at equilibrium, while k1 and k2 correspond to the first- and second-order
rate constants and t is the time. Other kinetic models have been employed in the study of
chitosan composite materials and these include a double-exponential kinetic model [337],
and a generalised fractal kinetic model (Brouers-Sotolongo model) [338]. Generally, the
adsorption kinetics are controlled by the (i) rate of diffusion of the adsorbate from the
bulk solution to the adsorbent-solution boundary, (ii) diffusion form the boundary layer to
the adsorbent surface, (iii) diffusion of the adsorbate within the adsorbent material, i.e.,
intraparticle diffusion and (iv) the rate of the adsorption step. Normally, the diffusion
process in the bulk solution can be eliminated through agitation, while the adsorption is
fast and the rate-determining step is typically intraparticle diffusion [200].

ln(qe − qt) = lnqe − k1t (6)

t

qt
=

1
qt

+
1

k2q2
e

(7)

4.2. A Comparison of the Chitosan Supported Composites in the Adsorption of Pollutants

The performance of the chitosan composites in the removal of heavy metal ions is
summarised and illustrated in Tables 5–7, where the chitosan is combined with GO, CNTs,
BC, AC and silica as support materials.

The Langmuir isotherm is based on the assumption that the surface of the absorbent
is homogenous, and every adsorption site is equal. Although these chitosan-composites
have various functional groups, which in turn, give rise to different affinities with the
adsorbates, the Langmuir model and to a lesser extent, the Freundlich model, correlate
well with most of the experimental studies. It is also evident in Tables 5–7, that many
of the 3D or porous supports give higher adsorption capacity values, highlighting the
influence of the more porous materials, while the magnetic chitosan materials, (MSC), with
Fe3O4 particles/nanoparticles, also perform well. It is difficult to make a direct comparison
between the carbon-based materials and silica-based supports, as the adsorption capacity
depends on the nature of the chitosan. However, some of the highest adsorption capacities
are seen when chitosan is combined with GO.

It can be seen from these tables that a large variety of heavy metal ions have been
adsorbed and removed. This is not surprising as these ions are toxic and pose a significant
threat to both human beings and aquatic life. As illustrated, the adsorption capacity varies
considerably from relatively low values of 9.4 mg g−1 to much higher values in the vicinity
of 957 mg g−1. These variations appear to be somewhat related to the nature of the heavy
metal ions, with relatively high adsorption values for Pb(II) and lower values for Cr(VI).
However, the nature and properties of the chitosan, including its DD levels, MW, porosity,
particle size, solubility (Section 2), crosslinking agents and the ratio of chitosan to the
carbon-based or silica supports are also important elements that will influence the extent
of adsorption.
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Table 5. Adsorption performance of CS/GO composites in the removal of heavy metal ions.

Adsorbent Adsorbate pH Ads. Cap./mg g−1 Kinetic Model Isotherm Model Ref

CS/GO-SH Cd(II) 5.0 177 PSO Freundlich [339]
Pb(II) 5.0 447 PSO Freundlich
Cu(II) 5.0 425 PSO Freundlich

CS/GO Cu(II) 6.0 254 PSO Langmuir [195]
CS/GO aerogel Cu(II) 6.0 407 PSO Langmuir

CS/GOnano-fibrous Pb(II) 6.0 461 Double-exp R–P [337]
Cu(II) 6.0 423 Double-exp R–P
Cr(VI) 3.0 310 Double-exp R–P

MCS/GO with EDTA Pb(II) 5.0 206 PSO Langmuir [336]
Cu(II) 5.5 207 PSO Langmuir
As (III) 8.0 43 PSO Freundlich

MCS/GO Cu(II) 7.0 217 PSO Langmuir [340]
MCS/GO As(III) 7.3 2.3 PSO Langmuir [341]

CS/GO/MOF Cr(VI) 3.0 144 PSO Langmuir [217]
MCS/GO Cr(VI) 2.0 270 PSO Langmuir [342]

MSC/GO with IL Pb(II) 5.0 85 PSO Langmuir [343]
MSC/GO gel beads Cd(II) 6.0 86 PSO Langmuir [228]

Pb(II) 5.0 189 PSO Langmuir
Cu(II) 5.0 55 PSO Langmuir

MSC/3D-GO Pb(II) 8.5 957 - - [344]
CS-GO/CMC aerogel Cr(VI) - 127 - Langmuir [230]

MCS/GO Cr(VI) 2.0 100 PSO Freundlich [345]
CS/GO U(VI) 6.0 78 PSO Freundlich [346]

MCS/3D graphene Pb(II) 8.5 947 - - [344]
CS/GO-PVA Cd(II) 8.0 172 PSO Langmuir
CS/GO-PVA Ni(II) 8.0 71 PSO Langmuir [347]

MCS/GO-EDTA Pb(II) 8.3 666 PFO Langmuir [172]
CS/GO gel Pb(II) 6.0 470 PSO Langmuir [348]

CS/GO-silica Pb(II) 6.0 256 PSO Langmuir [225]

In terms of the experimental conditions employed in these studies, it is well docu-
mented that the pH plays a significant role in the adsorption process. It is well known
that the –NH2 and –OH groups on the chitosan chains have a strong association with
metal cations and this facilitates the adsorption of various heavy metal ions at slightly
acidic or near neutral pH values. This is clearly evident in Tables 5–7, where several of the
studies are performed in slightly acidic solutions. As the chitosan becomes protonated,
with the formation of NH3

+ at lower pH values, this protonated group repels the cationic
heavy metal ions. Moreover, the chitosan becomes less stable and more soluble in highly
acidic environments. Indeed, the pH of zero charge (pHpzc) has been determined as 6.0
for CS/GO composites, indicating that the surface of CS/GO is positively charged for pH
values < 6.0 but for pH values > 6.0, the surface adopts a negative charge [365]. However,
the speciation of the metal ions is also important, and this is illustrated in Figure 8, where
the Pourbaix diagrams for various heavy metals, designated as M, and Cr are shown.
In general, for heavy metals, such as Cu(II), the adsorption capacity increases gradually
as the pH increases from about 2 to 7 and then it decreases rapidly as the pH is further
increased. The rapid decrease at higher pH values is due to the formation of insoluble
hydroxide species. While higher concentrations of the metal cations are present in the
solution phase at low pH values, the adsorption capacity is poor, which can be attributed
to the protonation of chitosan. As the pH is increased, the–NH2 chelating groups become
available and at these conditions the concentrations of the metal cations is still sufficiently
high to facilitate chelation with the chitosan. The nature of the –COOH functional groups
on GO and the other carbon-based materials is also pH dependent with the generation
of –COO− at higher pH values and again this anionic group will bind with metal cations.
Therefore, the maximum adsorption is seen at pH values from about 5 to 7, as illustrated in
Tables 5–7, for a number of heavy metal ions. The Pourbaix diagram of Cr is somewhat
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different with the generation of the anionic dichromate (Cr2O7
2−) and chromate (HCrO4

−)
ions at the lower more acidic pH values and the insoluble oxide phases at higher pH
values. In this case, the HCrO4

− ions can be adsorbed at the chitosan through electrostatic
interactions with the protonated chitosan, to give more favourable adsorption at pH values
between approximately 2.0 and 4.0.

Table 6. Adsorption performance of CS/CNT, CS/BC and CS/AC composites in the removal heavy metal ions.

Adsorbent Adsorbate pH
Ads. Cap./

mg g−1 Kinetic Model Isotherm Model Ref

CS/CNT/
CoFe2O4

Pb(II) 6.0 140 PSO Langmuir [245]

MCS/CNT Pb(II) 5.0 101 PSO Sips [246]
CS/CNT/PDA Cu(II) 7.0 112 PSO Langmuir [233]

CS/CNT Cu(II) 7.0 115 PSO Langmuir [349]
CS/CNT
at 293 K Cr(VI) 2.0 142 PSO Langmuir [350]

at 303 K Cr(VI) 2.0 151 PSO Langmuir
at 313 K Cr(VI) 2.0 164 PSO Langmuir

CS/CNT/PB Cs(I) 6.0 219 PSO Freundlich [249]
Sr(II) 6.0 205 PSO Freundlich

CS/CNT U(VI) 4.0 126 PSO Langmuir [351]
MCS/CNT Cr(III) 4.0 66 PSO Langmuir [352]

Cr(VI) 4.0 449 PSO Langmuir
CS/BC/
PMDA Cu(II) 5.0 96 PSO Langmuir [261]

Pb(II) 5.0 13 PSO Langmuir
Cd(II) 5.0 38 PSO Langmuir

CS/BC/β-CD Cr(VI) 2.0 206 PSO Freundlich [263]
MCS/BC Cr(VI) 3.0 30 PSO Freundlich [353]

Cu(II) 5.8 54 PSO Freundlich
CS/BC Hg(II) 3.0 594 PSO Langmuir [258]

Pb(II) 5.0 210 PSO Langmuir
CS/BC/PAA Mn(II) 3–7 139 PSO Langmuir [262]

Co(II) 3–7 135 PSO Langmuir
Pb(II) 3–7 476 PSO Langmuir

CS/BC/Clay Cu(II) 5.0 121 Elovich Freundlich [354]
Pb(II) 5.0 336 PSO Temkin
Zn(II) 5.0 134 Elovich Freundlich

CS/AC Zn(II) 6.0 60 - Langmuir [281]
CS/AC Cr(VI) 5.0 84 PSO Langmuir [282]
CS/AC Pb(II) 5.0 125 PFO Freundlich [287]

Cd(II) 5.0 69 PFO Freundlich
CS/PEO/AC Fe(III) 3.0 217 - Langmuir/ [355]

Cu(II) 5.0 195 - Freundlich
CS/AC Hg(II) 7.0 576 - Langmuir [289]

CS/AC/PVA Cr(VI) 2.0 109 PSO Langmuir [293]

Abbreviations: PMDA: pyromellitic dianhydride; PAA: poly(acrylic acid); PVA: poly(vinyl alcohol); PEO: poly(ethylene oxide); PB: Prussian
blue.
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Table 7. Adsorption performance of CS/silica composites in the removal heavy metal ions from water.

Adsorbent Adsorbate pH
Ads. Capacity

/mg g−1 Kinetic Model Isotherm Model Ref

CS/Silica V(V) 6.5 16 - - [329]
Mesoporous Cu(II) 6.5 21 - -

Pb(II) 6.5 22 - -
Cd(II) 6.5 12 - -
Hg(II) 6.5 13 - -

MCS/Silica/
PAM Cu(II) 5.0 43 PSO Langmuir [356]

Pb(II) 5.0 63 PSO Langmuir
Hg(II) 5.0 263 PSO Langmuir

CS/SBA-15 Pb(II) 5.0 57 PSO Langmuir [357]
MCS/SBA-15 Cu(II) 6.0 107 PSO Langmuir [333]

Zn(II) 6.0 100 PSO Langmuir
MCS/SBA-15 Zn(II) 6.0 107 PSO Langmuir [358]

CS/Silica Hg(II) 6.0 204 Langmuir [359]
As(V) 6.0 198 Freundlich

CS/KCC-1 Pb(II) 9.0 168 PSO Langmuir [360]
MSC/Silica Cu(II) 5.0 73 PSO Langmuir [361]
SC/Silica Cr(VI) 3.0 9 PSO Langmuir [362]

MSC/Silica Cu(II) 6.0 350 - Freundlich [363]
MSC/Silica aerogel Cd(II) 8.0 71 PSO Langmuir [364]

CS/GO/Silica Pb(II) 6.0 256 PSO Langmuir [225]
MCS/Silica Cr(III) 4.0 39 PSO Bi-langmuir [317]

Abbreviations: polyacrylamide (PAM).

− − −
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Figure 8. Pourbaix diagrams illustrating the speciation of (a) heavy metals, M, and (b) Cr in aqueous solutions.

Other conditions that can alter the adsorption capacity of the heavy metal ions are
temperature and ionic strength. Generally, the adsorption capacity increases with higher
temperatures [195], as ∆G becomes more negative, implying that the adsorption process
becomes more favourable at higher temperatures, with ∆G◦ < 0, ∆H◦ > 0 and ∆S◦ > 0
for several adsorbents, however, adsorption can also be exothermic [337]. There have
been relatively few studies devoted to the selectivity of the adsorption process at these
chitosan composites. This is especially important in terms of the potential applications
of the adsorbents, as the water samples or industrial effluents are likely to contain other
cations and anions, such as Cl−, NO3

−, SO4
2−, Mg2+ and Na+. For example, it was found
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that an increase in the ionic strength inhibited the adsorption of Cu(II) at CS/GO [195].
One approach that can be employed to enhance the binding of a particular heavy metal ion
is templating [251]. This is generally successful provided the target metal ion is reasonably
different to the size of the co-existing ions.

The adsorption capacity of the various supported chitosan composites in the removal
of dye molecules and other organic molecules, including antibiotics, is summarised in
Table 8. Various cationic and anionic dyes have been employed as model compounds
and very impressive adsorption capacities have been obtained in a number of studies. In
particular, the adsorption of methylene blue (MB), a cationic dye molecule, is very high at
CS/GO composites reaching values > 1000 mg g−1 in a number of studies, as illustrated in
Table 8. This good adsorption is attributed mainly to the π−π interactions between the MB
and GO layers. The electrostatic interactions between the –COO− groups on GO and the
cationic MB can also facilitate adsorption, provided the solution pH is not acidic giving
rise to the formation of the unionised –COOH groups. Therefore, it is the GO that is largely
responsible for the adsorption of cationic dyes [144]. On the other hand, the chitosan
plays a more significant role in the adsorption of anionic dye molecules. Although π−π

interactions will exist between GO and the anionic dyes, the electrostatic repulsion between
the –COO− groups and the anionic dye will inhibit its adsorption at higher pH values,
where the COOH groups are ionised. The electrostatic interactions between the cationic
centres in the chitosan chains and the anionic dyes will have a significant effect at low pH
values, while a combination of electrostatic forces, van der Waals interactions and hydrogen
bonding are likely to occur at higher pH values [366]. This explains the good adsorption
of anionic dyes observed at near neutral pH values in Table 8. The concentrations of the
dye molecules can also influence the adsorption process. Many of these dye molecules can
form dimers and aggregates and this becomes more relevant as the concentrations of the
dye molecules increase, with aggregates forming in solution and at the surface. Indeed, the
impressive adsorption of rhodamine B [367] and its adsorption kinetics were questioned
as the aggregation of rhodamine B in water was not taken into account in the original
study [368].

Various antibiotics have also been adsorbed at the chitosan-based composites, as
shown in Table 8. Again, many of these molecules have benzene rings which facilitate
their adsorption onto the carbon surface through π-π electron donor-acceptor interactions.
Furthermore, many of these organic molecules have –OH, >C=O and –NH2 groups which
can be involved in hydrogen bonding with the oxygen groups on the carbon surfaces in
the chitosan composites [369]. Hydrophobic interactions may also be relevant [370]. These
organic molecules tend to be hydrophobic making hydrophobic interaction between the
antibiotics and the carbon surfaces possible. However, high numbers of oxygen-containing
groups, such as –OH and –COOH on the carbon surfaces tend to make the surface more
hydrophilic.

The CS/silica composites are only emerging as potential adsorbents and compared
with the chitosan-carbon based systems, there are much fewer reports focused on the
removal of dyes and organic molecules with these adsorbents. This may be due in part
to the silanol groups, which are hydrophilic, and easily form hydrogen bonds with water,
thus limiting the adsorption process. However, the mesoporous silica surfaces can be
functionalised, and this provides the opportunity to design more hydrophobic surfaces
that can be tailored to adsorb organic molecules. Indeed, there is clear evidence in Table 8
that the CS/silica composites can be employed in the removal of dyes.
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Table 8. Adsorption performance of chitosan composites in the removal pharmaceuticals, organics and drug molecules from water.

Adsorbent Adsorbate pH Ads. Capacity Kinetic Model Isotherm Model Ref

CS/GO MB 5.3 95 PSO Langmuir [155]
MCS/GO
β-CD MB - 84 PSO Langmuir [204]

CS/GO monoliths MO 4.2 567 PSO No fit [371]
MCS/GO Acid orange 3.0 42 PSO Langmuir [372]
MCS/GO MO 4.0 398 PSO Langmuir [373]

CS/GO aerogel MO 4.0 686 PSO - [197]
Amido black 4.0 573 PSO -

CS/GOβ-CD MB 12.0 1134 PSO Freundlich [200]
CS/GO aerogel Metanil yellow 6.8 430 PSO Langmuir [365]
CS/GO aerogels Indigo carmine 6.8 534 - Langmuir [198]

MB 7.0 168 - Langmuir
CS/GO/Ligno-sulfonate aerogel MB 7.0 1023 PSO Langmuir [221]

CS/GO/
Cellulose MB 6.0 3190 PSO Langmuir [230]

MCS/GOCS-EDTA Rhodamine B 7.5 1085 PSO Langmuir [367]
CS/GO aerogel Congo red 7.0 384 PSO Langmuir [374]

MCS/GO MB 8.5 2478 PFO Sips [170]
MCS/CNT Congo red 6.0 262 PSO Langmuir [375]

MCS/CNT Acid red 3.0 809 PSO R−P.
Freundlich [376]

MSC/CNT/ SiO2 DB 71 6.8 61 PSO Langmuir [377]
RB 19 2.0 97 PSO Langmuir

CS/CNT DB 71 6.2 29 PSO Langmuir [378]
FdR17 3.0 1508 Avrami Langmuir [241]
FdB1 3.0 1480 Avrami Langmuir

CS/CNT/GO Rhodamine B - 9.6 PSO - [215]
CS/CNT Phenol 6.5 404 PSO Dubinin-Radushkevic [60]
CS/AC Crystal violet 9.0 12.5 (323K) PSO Langmuir and Freundlich [283]
CS/AC FBL2 3.0 155 Avrami - [286]
CS/AC FR17 3.0 133 Avrami -

CS/AC/PVA MB 6.0 468 PFO Langmuir and Freundlich [294]
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Table 8. Cont.

Adsorbent Adsorbate pH Ads. Capacity Kinetic Model Isotherm Model Ref

CS/AC/PEG MB 7.0 424 PSO Langmuir [295]
CS/AC mesoporous Thionine 3–11 61 PSO Freundlich [305]

CS/AC Indigo carmine 3.0 208 PSO Langmuir and Freundlich [279]
CS/AC with Carica papaya seeds MB 8.0 302 PSO Elovich Langmuir [379]

CS/AC/hexa-decylamine RB 5 4.0 666 PSO Freundlich [380]
CS/AC/
Cellulose Tylosin 7.0 59 PSO Langmuir [381]

CS/Silica Acid Red 88 7.0 25 PSO Langmuir [320]
MCS/Silica/

Glu MB 5.0 185 PSO Langmuir [382]

Crystal violet 5.0 390 PSO Langmuir
Light yellow 5.0 228 PSO Langmuir

MCS/Silica Rhodamine B - 191 - Langmuir [383]
CS/Silica/

ZnO MB 7.0 293 - Langmuir [384]

CS/Silica/
PVA Direct Red 80 2.0 322 PSO Langmuir [385]

CS/GO Tetracycline 9.0 1130 PFO Temkin [196]
MCS/GO Rifampicin 5.0 102 PSO Langmuir [176]
CS/GO Ciprofloxacin 7.0 5.3 - Langmuir [227]

Ofloxacin 7.0 8.3 - Langmuir
MCS/rGO Cefixime 6.4 30 - Freundlich [187]
CS/CNT Diazinon 5.5 222 PSO Sips [240]

CS/BC beads Ciprofloxacin 3.0 76 PSO Langmuir [386]
CS/BC Ciprofloxacin 7.0 106 PSO Langmuir [272]

Enrofloxacin 7.0 100 PSO Langmuir
MCS/AC Ciprofloxacin - 90 PSO Langmuir [299]

Erythromycin - 178 PSO Langmuir
Amoxicillin - 526 PSO Langmuir
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5. Conclusions and Future Perspectives

It is clear from the reports reviewed and the growing number of publications, where
chitosan and chitosan-based materials are employed as adsorbents, that these materials
are emerging as interesting candidates in the formulation of adsorbents for environmental
applications. Chitosan can be easily combined with different support materials, and while
earlier studies were devoted to blending chitosan with other polymeric materials, many of
the more recent reports are focused on combing chitosan with carbon-based materials with
GO, and to a lesser extent activated carbon, attracting considerable attention. Likewise,
there is increasing attention being focussed on merging chitosan and mesoporous silica.
The CS/GO composites have shown impressive adsorption capacity with both dyes and
heavy metal ions.

However, this research field is still in its infancy and a number of challenges exist and
must be addressed before these chitosan-carbon based or chitosan-silica based materials
can be employed as adsorbents for the removal of a variety of pollutants. One of the more
challenging aspects, that has direct implications in terms of costs, is the regeneration of
the adsorbents. Ideally, adsorbents should have the capacity to be regenerated and used
multiple times. Regeneration is normally achieved using NaOH or acid treatments, where,
for example, heavy metal ions are released from the chitosan. However, these treatments
lead to a progressive hydrolysis of the polysaccharide on the chitosan. Consequently, the
adsorption capacity decreases with each adsorption-regeneration cycle. New regeneration
processes are required to give more longer lasting and cost-effective chitosan-based adsor-
bents. Other challenges are the introduction of selectivity in the adsorption process. Real
water samples contain a number of ions that will compete with the removal of heavy metal
ions, consuming the adsorption sites and reducing the uptake of the targeted pollutants.
Furthermore, the removal of neutral pollutant molecules using these chitosan-based mate-
rials is more difficult to achieve, although the addition of GO provides two dimensional
sheets that facilitate the adsorption of aromatic ring structures. In addition, the adsorbents
need to be removed from the aquatic environment or employed in a continuous flow system.
While the development of magnetic chitosan-based materials provides the opportunity
to remove the adsorbents using magnetic separation, these magnetic materials are only
emerging and it is not entirely clear if they can be sufficiently anchored within the chitosan
composites to prevent their leaching over longer terms. However, the development of
silica coated and protected magnetic iron-containing particles is promising. There are
added concerns over the environmental impact of GO and CNTs, which if leached from the
chitosan composites, can enter the aquatic system and have adverse effects on the aquatic
ecosystem. Therefore, the CS-carbon and CS-silica composites must be stable and not prone
to leaching of GO flakes, CNTs, or the magnetic iron oxide particles. Consequently, studies
that monitor the leaching of the various carbon, silica and iron species from the chitosan
composites are needed from an environmental perspective.

Fundamental studies on kinetics and intraparticle diffusion require further study.
Most of the kinetic models employed are relatively simple pseudo-second order models
while the impermeable nature of the GO sheets, CNTs, carbon and silica particles on the
internal diffusion of the pollutants are not well developed. While the physical and chemical
properties of chitosan can be tailored by varying its molecular weight, DD levels, particle
sizes, etc, the complex relationships between some of these parameters and how they
control the adsorption process and capacity are difficult to establish.

Nevertheless, these chitosan-based materials, and especially the emerging chitosan-
carbon and chitosan-silica based composites, have a promising future as adsorbent materi-
als. While chitosan is currently unable to compete with activated carbon in commercial
and industrial settings, it is nevertheless an attractive and viable material as it is derived
from chitin, which can be found in abundance and extracted from seafood wastes. With
further developments aimed at strengthening the mechanical properties of chitosan, the
development of recovery protocols, scale-up of production using green solvents and im-
plementation of nonthermal technologies, industrial exploitation can become a reality.
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Moreover, there has been a recent explosion in the development of new two-dimensional
materials. Some of these 2D layered materials, for example MXenes, MoS2 and MoSe2, are
potential adsorbents and could be easily combined with chitosan to generate a new family
of high-performance materials.
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66. Kumirska, J.; Czerwicka, M.; Kaczyński, Z.; Bychowska, A.; Brzozowski, K.; Thöming, J.; Stepnowski, P. Application of

spectroscopic methods for structural analysis of chitin and chitosan. Mar. Drugs 2010, 8, 1567–1636. [CrossRef]
67. Duarte, M.L.; Ferreira, M.C.; Marvão, M.R.; Rocha, J. An optimised method to determine the degree of acetylation of chitin and

chitosan by FTIR spectroscopy. Int. J. Biol. Macromol. 2002, 31, 1–8. [CrossRef]
68. Beil, S.; Schamberger, A.; Naumann, W.; MacHill, S.; Van Pée, K.H. Determination of the degree of N-acetylation (DA) of chitin

and chitosan in the presence of water by first derivative ATR FTIR spectroscopy. Carbohydr. Polym. 2012, 87, 117–122. [CrossRef]
69. Wang, C.; Yuan, F.; Jin, L.; Du, X.; Cai, H. Evaluation of the deacetylation degree of chitosan with two-abrupt-change coulometric

titration. Electroanalysis 2016, 28, 401–406. [CrossRef]
70. Zhang, Y.; Zhang, X.; Ding, R.; Zhang, J.; Liu, J. Determination of the degree of deacetylation of chitosan by potentiometric

titration preceded by enzymatic pretreatment. Carbohydr. Polym. 2011, 83, 813–817. [CrossRef]
71. Kong, X. Simultaneous determination of degree of deacetylation, degree of substitution and distribution fraction of -COONa in

carboxymethyl chitosan by potentiometric titration. Carbohydr. Polym. 2012, 88, 336–341. [CrossRef]
72. Gupta, V.K.S. Application of low-cost adsorbents for dye removal—A review. J. Environ. Manag. 2009, 90, 2313–2342. [CrossRef]
73. Zhou, H.Y.; Guang, X.; Kong, M.; Sheng, C.; Su, D.; Kennedy, J.F. Effect of molecular weight and degree of chitosan deacetylation

on the preparation and characteristics of chitosan thermosensitive hydrogel as a delivery system. Carbohydrate 2008, 73, 265–273.
[CrossRef]

74. Pillai, C.K.S.; Paul, W.; Sharma, C.P. Chitin and chitosan polymers: Chemistry, solubility and fiber formation. Prog. Polym. Sci.

2009, 34, 641–678. [CrossRef]
75. Nunthanid, J.; Puttipipatkhachorn, S.; Yamamoto, K.; Peck, G.E. Physical properties and molecular behavior of chitosan films.

Drug Dev. Ind. Pharm. 2001, 27, 143–157. [CrossRef]
76. Kittur, F.S.; Harish Prashanth, K.V.; Udaya Sankar, K.; Tharanathan, R.N. Characterization of chitin, chitosan and their car-

boxymethyl derivatives by differential scanning calorimetry. Carbohydr. Polym. 2002, 49, 185–193. [CrossRef]
77. Wenling, C.; Duohui, J.; Jiamou, L.; Yandao, G.; Nanming, Z.; Xiufang, Z. Effects of the degree of deacetylation on the

physicochemical properties and schwann cell affinity of chitosan films. J. Biomater. Appl. 2005, 20, 157–177. [CrossRef]
[PubMed]

78. Gupta, K.C.; Jabrail, F.H. Effects of degree of deacetylation and cross-linking on physical characteristics, swelling and release
behavior of chitosan microspheres. Carbohydr. Polym. 2006, 66, 43–54. [CrossRef]

93



Molecules 2021, 26, 594

79. Trung, T.S.; Thein-han, W.W.; Qui, N.T.; Ng, C.-H.; Stevens, W.F. Functional characteristics of shrimp chitosan and its membranes
as affected by the degree of deacetylation. Bioresour. Technol. 2006, 97, 659–663. [CrossRef] [PubMed]

80. Nam, Y.S.; Park, W.H.; Ihm, D.; Hudson, S.M. Effect of the degree of deacetylation on the thermal decomposition of chitin and
chitosan nanofibers. Carbohydr. Polym. 2010, 80, 291–295. [CrossRef]

81. Potivas, T.; Laokuldilok, T. Deacetylation of chitin and the properties of chitosan films with various deacetylation degrees. Food

Appl. Biosci. 2014, 13, 559–568. [CrossRef]
82. Sukul, M.; Sahariah, P.; Reseland, J.E.; Lauzon, L.; Borges, J.; Másson, M.; Mano, J.F.; Haugen, H.J.; Reseland, J.E. In vitro biological

response of human osteoblasts in 3D chitosan sponges with controlled degree of deacetylation and molecular weight. Carbohydr.

Polym. 2020, 117434. [CrossRef]
83. Foster, L.J.R.; Ho, S.; Hook, J.; Basuki, M.; Marçal, H. Chitosan as a biomaterial: Influence of degree of deacetylation on its

physiochemical, material and biological properties. PLoS ONE 2015, 10, e0135153. [CrossRef]
84. Tavares, L.; Emanuel, E.; Flores, E.; Rodrigues, R.C.; Hertz, P.F. Effect of deacetylation degree of chitosan on rheological properties

and physical chemical characteristics of genipin-crosslinked chitosan beads. Food Hydrocoll. 2020, 106. [CrossRef]
85. Li, J.; Revol, J.F.; Marchessault, R.H. Effect of degree of deacetylation of chitin on the properties of chitin crystallites. J. Appl.

Polym. Sci. 1997, 65, 373–380. [CrossRef]
86. Zhuang, C.; Zhong, Y.; Zhao, Y. Effect of deacetylation degree on properties of chitosan films using electrostatic spraying

technique. Food Control 2019, 97, 25–31. [CrossRef]
87. Sivashankari, P.R.; Prabaharan, M. Deacetylation modification techniques of chitin and chitosan. In Chitosan Based Biomaterials:

Fundamentals; Elsevier: Amsterdam, The Netherlands, 2017; Volume 1, pp. 117–133. ISBN 9780081002308.
88. Liu, Z.; Ge, X.; Lu, Y.; Dong, S.; Zhao, Y.; Zeng, M. Effects of chitosan molecular weight and degree of deacetylation on the

properties of gelatine-based films. Food Hydrocoll. 2012, 26, 311–317. [CrossRef]
89. Moura, J.M.; Farias, B.S.; Rodrigues, D.A.S. Preparation of chitosan with different characteristics and its application for biofilms

production. J. Polym. Environ. 2015, 23, 470–477. [CrossRef]
90. Bagheri-Khoulenjani, S.; Taghizadeh, S.M.; Mirzadeh, H. An investigation on the short-term biodegradability of chitosan with

various molecular weights and degrees of deacetylation. Carbohydr. Polym. 2009, 78, 773–778. [CrossRef]
91. Barbosa, H.F.G.; Francisco, D.S.; Ferreira, A.P.G.; Cavalheiro, É.T.G. A new look towards the thermal decomposition of chitins and

chitosans with different degrees of deacetylation by coupled TG-FTIR. Carbohydr. Polym. 2019, 225, 115232. [CrossRef] [PubMed]
92. Gámiz-gonzález, M.A.; Correia, D.M.; Lanceros-mendez, S.; Sencadas, V. Kinetic study of thermal degradation of chitosan as a

function of deacetylation degree. Carbohydr. Polym. 2017, 167, 52–58. [CrossRef]
93. Wanjun, T.; Cunxin, W.; Donghua, C. Kinetic studies on the pyrolysis of chitin and chitosan. Polym. Degrad. Stab. 2005, 87,

389–394. [CrossRef]
94. Iamsamai, C.; Hannongbua, S.; Ruktanonchai, U. The effect of the degree of deacetylation of chitosan on its dispersion of carbon

nanotubes. Carbon 2010, 48, 25–30. [CrossRef]
95. Piccin, J.S.; Vieira, M.L.G.; Gonçalves, J.O.; Dotto, G.L.; Pinto, L.A.A. Adsorption of FD & C Red No. 40 by chitosan: Isotherms

analysis. J. Food Eng. 2009, 95, 16–20. [CrossRef]
96. Habiba, U.; Chin, T.; Siddique, T.A.; Salleh, A.; Chin, B.; Afifi, A.M. Effect of degree of deacetylation of chitosan on adsorption

capacity and reusability of chitosan/polyvinyl alcohol/TiO2 nano composite. Int. J. Biol. Macromol. 2017, 104, 1133–1142.
[CrossRef]

97. Józwiak, T.; Filipkowska, U.; Szymczyk, P.; Zysk, M. Effect of the form and deacetylation degree of chitosan sorbents on sorption
effectiveness of Reactive Black 5 from aqueous solutions. Int. J. Biol. Macromol. 2017, 95, 1169–1178. [CrossRef]

98. Cadaval, T.R.S.; Camara, A.S.; Dotto, G.L.; Pinto, L.A. de A. Adsorption of Cr(VI) by chitosan with different deacetylation degrees.
Desalin. Water Treat. 2013, 51, 7690–7699. [CrossRef]

99. Tsai, M.; Chen, R.H. Modifying the molecular weight of chitosan. In Chitosan Based Biomaterials: Fundamentals; Elsevier: Duxford,
UK, 2017; Volume 1, pp. 135–158. ISBN 9780081002308.

100. De Farias, B.S.; Grundmann, D.D.R.; Rizzi, F.Z.; Martins, N.S.S.; Cadaval, T.R.S.A.; Pinto, L.A.D.A. Production of low molecular
weight chitosan by acid and oxidative pathways: Effect on physicochemical properties. Food Res. Int. 2019, 123, 88–94. [CrossRef]
[PubMed]

101. Zhong, Y.; Zhuang, C.; Gu, W.; Zhao, Y. Effect of molecular weight on the properties of chitosan films prepared using electrostatic
spraying technique. Carbohydr. Polym. 2019, 212, 197–205. [CrossRef] [PubMed]

102. Ziani, K.; Oses, J.; Coma, V.; Mate, J.I. Effect of the presence of glycerol and Tween 20 on the chemical and physical properties of
films based on chitosan with different degree of deacetylation. Food Sci. Technol. 2008, 41, 2159–2165. [CrossRef]

103. Tanpichai, S.; Witayakran, S.; Wootthikanokkhan, J.; Srimarut, Y. Mechanical and antibacterial properties of the chitosan coated
cellulose paper for packaging applications: Effects of molecular weight types and concentrations of chitosan. Int. J. Biol. Macromol.

2020, 155, 1510–1519. [CrossRef]
104. Bof, M.J.; Bordadgaray, V.C.; Locaso, D.E.; García, M.A. Chitosan molecular weight effect on starch-composite film properties.

Food Hydrocoll. 2015, 51, 281–294. [CrossRef]
105. Akpan, E.I.; Gbenebor, O.P.; Adeosun, S.O.; Cletus, O. Solubility, degree of acetylation, and distribution of acetyl groups in

chitosan. In Handbook of Chitin and Chitosan; Elsevier: Amsterdam, The Netherlands, 2020; pp. 131–164. ISBN 9780128179703.

94



Molecules 2021, 26, 594

106. Kubota, N.; Eguchi, Y. Facile preparation of water-soluble N-acetylated chitosan and molecular weight dependence of its
water-solubility. Polym. J. 1997, 29, 123–127. [CrossRef]

107. Bajaj, M.; Winter, J.; Gallert, C. Effect of deproteination and deacetylation conditions on viscosity of chitin and chitosan extracted
from Crangon crangon shrimp waste. Biochem. Eng. J. 2011, 56, 51–62. [CrossRef]

108. Chang, S.H.; Lin, H.T.V.; Wu, G.J.; Tsai, G.J. pH Effects on solubility, zeta potential, and correlation between antibacterial activity
and molecular weight of chitosan. Carbohydr. Polym. 2015, 134, 74–81. [CrossRef]

109. Rinaudo, M.; Pavlov, G.; Desbrieres, J. Influence of acetic acid concentration on the solubilization of chitosan. Int. J. Polym. 1999,
40, 7029–7032. [CrossRef]

110. Rinaudo, M.; Pavlov, G.; Desbrières, J. Solubilization of chitosan in strong acid medium. Int. J. Polym. Anal. Charact. 1999, 5,
267–276. [CrossRef]

111. Kurita, K.; Kamiya, M.; Nishimura, S.I. Solubilization of a rigid polysaccharide: Controlled partial N-Acetylation of chitosan to
develop solubility. Carbohydr. Polym. 1991, 16, 83–92. [CrossRef]

112. Shamov, M.V.; Bratskaya, S.Y.; Avramenko, V.A. Interaction of carboxylic acids with chitosan: Effect of pK and hydrocarbon chain
length. J. Colloid Interface Sci. 2002, 249, 316–321. [CrossRef] [PubMed]

113. Lu, S.; Song, X.; Cao, D.; Chen, Y.; Yao, K. Preparation of water-soluble chitosan. J. Appl. Polym. Sci. 2004, 91, 3497–3503.
[CrossRef]

114. Vieira, M.L.G.; Pinheiro, C.P.; Silva, K.A.; Lutke, S.F.; Cadaval, T.R.S.A.; Dotto, G.; de Pinto, L.A.A. Chitosan and cyanoguanidine-
crosslinked chitosan coated glass beads and its application in fixed bed adsorption. Chem. Eng. Commun. 2019, 206, 1474–1486.
[CrossRef]

115. Jayasuriya, A.C. Production of micro- and nanoscale chitosan particles for biomedical applications. In Chitosan Based Biomaterials:

Fundamentals; Elsevier: Duxford, UK, 2017; Volume 1, pp. 185–209. ISBN 9780081002308.
116. Santos, J.C.C.; Mansur, A.A.P.; Mansur, H.S. One-step biofunctionalization of quantum dots with chitosan and n-palmitoyl

chitosan for potential biomedical applications. Molecules 2013, 18, 6550–6572. [CrossRef]
117. Gonçalves, J.O.; Dotto, G.L.; Pinto, L.A.A. Cyanoguanidine-crosslinked chitosan to adsorption of food dyes in the aqueous binary

system. J. Mol. Liq. 2015, 211, 425–430. [CrossRef]
118. Phongying, S.; Aiba, S.; Chirachanchai, S. Direct chitosan nanoscaffold formation via chitin whiskers. Polymer 2007, 48, 393–400.

[CrossRef]
119. Esquerdo, V.; Jr, T.R.S.C.; Dotto, G.L.; Pinto, L.A. Chitosan scaffold as an alternative adsorbent for the removal of hazardous food

dyes from aqueous solutions. J. Colloid Interface Sci. 2014, 424, 7–15. [CrossRef]
120. Piccin, J.S.; Dotto, G.L.; Vieira, M.L.G.; Pinto, L.A.A. Kinetics and mechanism of the food dye FD & C Red 40 adsorption onto

chitosan. J. Chem. Eng. Data 2011, 56, 3759–3765.
121. Wu, F.C.; Tseng, R.L.; Juang, R.S. Comparative adsorption of metal and dye on flake- and bead-types of chitosans prepared from

fishery wastes. J. Hazard. Mater. 2000, 73, 63–75. [CrossRef]
122. Chatterjee, S.; Lee, D.S.; Lee, M.W.; Woo, S.H. Enhanced adsorption of congo red from aqueous solutions by chitosan hydrogel

beads impregnated with cetyl trimethyl ammonium bromide. Bioresour. Technol. 2009, 100, 2803–2809. [CrossRef] [PubMed]
123. Cheng, J.S.; Du, J.; Zhu, W. Facile synthesis of three-dimensional chitosan-graphene mesostructures for reactive black 5 removal.

Carbohydr. Polym. 2012, 88, 61–67. [CrossRef]
124. Karimi, S.; Tavakkoli Yaraki, M.; Karri, R.R. A comprehensive review of the adsorption mechanisms and factors influencing the

adsorption process from the perspective of bioethanol dehydration. Renew. Sustain. Energy Rev. 2019, 107, 535–553. [CrossRef]
125. Wittmar, A.S.M.; Böhler, H.; Kayali, A.L.; Ulbricht, M. One-step preparation of porous cellulose/chitosan macro-spheres from

ionic liquid-based solutions. Cellulose 2020, 27, 5689–5705. [CrossRef]
126. Li, N.; Bai, R. Copper adsorption on chitosan-cellulose hydrogel beads: Behaviors and mechanisms. Sep. Purif. Technol. 2005, 42,

237–247. [CrossRef]
127. Chen, L.; Hao, H.; Zhang, W.; Shao, Z. Adsorption mechanism of copper ions in aqueous solution by chitosan–carboxymethyl

starch composites. J. Appl. Polym. Sci. 2020, 137. [CrossRef]
128. Zhao, X.; Wang, X.; Lou, T. Preparation of fibrous chitosan/sodium alginate composite foams for the adsorption of cationic and

anionic dyes. J. Hazard. Mater. 2021, 403, 124054. [CrossRef]
129. Preethi, J.; Karthikeyan, P.; Vigneshwaran, S.; Meenakshi, S. Facile synthesis of Zr4+ incorporated chitosan/gelatin composite for

the sequestration of Chromium(VI) and fluoride from water. Chemosphere 2021, 262, 128317. [CrossRef]
130. Da Silva, J.C.S.; França, D.B.; Rodrigues, F.; Oliveira, D.M.; Trigueiro, P.; Silva Filho, E.C.; Fonseca, M.G. What happens when

chitosan meets bentonite under microwave-assisted conditions? Clay-based hybrid nanocomposites for dye adsorption. Colloids

Surf. A Physicochem. Eng. Asp. 2021, 609, 125584. [CrossRef]
131. Lin, J.; Zhan, Y. Adsorption of humic acid from aqueous solution onto unmodified and surfactant-modified chitosan/zeolite

composites. Chem. Eng. J. 2012, 200, 202–213. [CrossRef]
132. Zhao, R.; Ma, T.; Zhao, S.; Rong, H.; Tian, Y.; Zhu, G. Uniform and stable immobilization of metal-organic frameworks into

chitosan matrix for enhanced tetracycline removal from water. Chem. Eng. J. 2020, 382. [CrossRef]
133. Karthik, R.; Meenakshi, S. Removal of hexavalent chromium ions from aqueous solution using chitosan/polypyrrole composite.

Desalin. Water Treat. 2015, 56, 1587–1600. [CrossRef]

95



Molecules 2021, 26, 594

134. Kundakci, S. Synthesis of Methacrylamide/chitosan polymeric cryogels and swelling/dye sorption properties. Polym. Sci. Ser. A

2020, 62, 481–493. [CrossRef]
135. Da Silva, R.C.; de Aguiar, S.B.; da Cunha, P.L.R.; de Paula, R.C.M.; Feitosa, J.P.A. Effect of microwave on the synthesis of

polyacrylamide-g-chitosan gel for azo dye removal. React. Funct. Polym. 2020, 148. [CrossRef]
136. Da Rosa Schio, R.; da Rosa, B.C.; Gonçalves, J.O.; Pinto, L.A.A.; Mallmann, E.S.; Dotto, G.L. Synthesis of a bio–based

polyurethane/chitosan composite foam using ricinoleic acid for the adsorption of Food Red 17 dye. Int. J. Biol. Macromol.

2019, 121, 373–380. [CrossRef]
137. Zhu, H.-Y.; Fu, Y.-Q.; Jiang, R.; Yao, J.; Xiao, L.; Zeng, G.-M. Novel magnetic chitosan/poly(vinyl alcohol) hydrogel beads:

Preparation, characterization and application for adsorption of dye from aqueous solution. Bioresour. Technol. 2012, 105, 24–30.
[CrossRef]

138. Gu, F.; Geng, J.; Li, M.; Chang, J.; Cui, Y. Synthesis of chitosan-lignosulfonate composite as an adsorbent for dyes and metal ions
removal from wastewater. ACS Omega 2019, 4, 21421–21430. [CrossRef]

139. Lee, C.W.; Suh, J.M.; Jang, H.W. Chemical sensors based on two-dimensional (2D) materials for selective detection of ions and
molecules in liquid. Front. Chem. 2019, 7. [CrossRef]

140. Chang, Y.-M.; Lin, H.-W.; Li, L.-J.; Chen, H.-Y. Two-dimensional materials as anodes for sodium-ion batteries. Mater. Today Adv.

2020, 6. [CrossRef]
141. Yu, T.; Breslin, C.B. Graphene-modified composites and electrodes and their potential applications in the electro-fenton process.

Materials 2020, 13, 2254. [CrossRef] [PubMed]
142. Li, D.; Lai, W.-Y.; Zhang, Y.-Z.; Huang, W. Printable transparent conductive films for flexible electronics. Adv. Mater. 2018, 30.

[CrossRef] [PubMed]
143. Rochefort, A.; Wuest, J.D. Interaction of substituted aromatic compounds with graphene. Langmuir 2009, 25, 210–215. [CrossRef]

[PubMed]
144. Chen, Y.; Chen, L.; Bai, H.; Li, L. Graphene oxide-chitosan composite hydrogels as broad-spectrum adsorbents for water

purification. J. Mater. Chem. A 2013, 1, 1992–2001. [CrossRef]
145. Liu, Z.; Rios-Carvajal, T.; Ceccato, M.; Hassenkam, T. Nanoscale chemical mapping of oxygen functional groups on graphene

oxide using atomic force microscopy-coupled infrared spectroscopy. J. Colloid Interface Sci. 2019, 556, 458–465. [CrossRef]
146. Aliyev, E.; Filiz, V.; Khan, M.M.; Lee, Y.J.; Abetz, C.; Abetz, V. Structural characterization of graphene oxide: Surface functional

groups and fractionated oxidative debris. Nanomaterials 2019, 9, 1180. [CrossRef]
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Abstract: As concerns about the substantial effect of various hazardous toxic pollutants on the
environment and public health are increasing, the development of effective and sustainable treatment
methods is urgently needed. In particular, the remediation of toxic components such as radioactive
waste, toxic heavy metals, and other harmful substances under extreme conditions is quite difficult
due to their restricted accessibility. Thus, novel treatment methods for the removal of toxic pollutants
using extremophilic microorganisms that can thrive under extreme conditions have been investigated
during the past several decades. In this review, recent trends in bioremediation using extremophilic
microorganisms and related approaches to develop them are reviewed, with relevant examples
and perspectives.

Keywords: bioremediation; toxic pollutants; extreme conditions; extremophilic microorganism

1. Introduction

Due to the rapid industrial growth, the environment and public health are threatened by the
huge amount of toxic pollutants that have accumulated in the environment. Therefore, maintaining
and protecting the environment from toxic pollutants has become a great challenge for mankind
over the past few decades. Recently, various strategies have been intensively exploited to protect the
environment by preventing the dispersion of toxic pollutants into it. For example, physicochemical
methods such as electrochemical treatments, excavation, ion exchange, precipitation, reverse osmosis,
evaporation, and sorption have been developed for the removal of toxic substances [1–4]. However,
many of these techniques are not yet commonly applied to the actual treatment of contamination due to
critical drawbacks such as high cost and secondary contamination possibly associated with them [5–7].
As an alternative, microbial bioremediation has attracted much attention as a promising technology
that can overcome the shortcomings of the currently used physicochemical methods (Figure 1) [8–10].
Specifically, extremophilic microorganisms offer the most suitable approach for the treatment of toxic
pollutants [11–14] because not only can they detoxify toxic pollutants through microbial cellular
metabolism but also they can withstand extremely harsh conditions [11,13–15]. Herein, we focus on
recent trends in bioremediation processes for the treatment of toxic pollutants such as inorganic heavy
metals, harmful organic substances, and radioactive elements using extremophilic microorganisms
and on the perspectives of this approach in public health.
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Figure 1. Current microbial bioremediation strategies for the removal of diverse toxic pollutants.
Biosorption, a metabolically independent process based on ionic interactions between the extracellular
surface of biomass and metal ions; bioaccumulation, a metabolically active process in which
microorganisms use proteins to absorb metal ions inside their intracellular space; bioprecipitation,
a process of immobilizing soluble metal ions through redox reactions, enzymes, and metabolites
on the extracellular surface of microorganisms; bioreduction, a process of transformation of toxic
metals/metalloids to non-toxic elements through a biological reduction and oxidation process;
bioemulsification, a biological process of using proteins or metabolites to form emulsions in two
immiscible liquid phases.

2. Survival Strategies of Extremophilic Microorganisms under Extreme Conditions

Extreme environments are defined as habitats that make the prospect of survival difficult for
most organisms on earth. These are mostly natural conditions such as extreme temperatures, salinity,
pH, and desiccation observed in environments such as deep sea, volcanoes, and deserts. However,
these extreme conditions can also appear in polluted areas containing harmful organic substances [16],
heavy metals [17], and/or radioactive waste [18]. Under extremely polluted conditions, the clean-up
process of pollutants by using physicochemical methods is not always successful due to limited
accessibility to the pollutants and secondary contamination. Thus, there is a need to combine
microbial biotechnology and chemistry to advance the remediation processes. Over the past century,
extremophilic microorganisms have adapted and evolved in various ways to thrive under extreme
conditions through unique biological mechanisms. During the process of adaptation, extremophilic
microorganisms have evolved not only to convert unstable toxic pollutants into sufficiently stable
beneficial resources for their cellular metabolism but also to become highly tolerant to toxic matter.
Thus, many studies have been attempted to develop sustainable bioremediation processes using the
survival strategies of extremophilic microorganisms. Here, we briefly describe the adaptation and
survival mechanisms that can be used for bioremediation.

2.1. Acidophilic and Alkaliphilic Microorganisms

Acidophilic microorganisms can survive under extremely low pH (less than pH 3) conditions,
maintaining pH homeostasis by controlling proton permeation [19]. For example, microorganisms
from the genera Thermoplasma, Ferroplasma, and Sulfolobus can regulate proton permeation under
extremely low pH conditions due to a highly impermeable cell membrane mainly composed of
tetraether lipids having a diverse array of polar head groups and a bulky isoprenoid core [20–23].
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The modulation of the influx of protons through the proton pump system is important to survive at
low pH, and putative proton pump proteins such as H+-ATPase, symporters, and antiporters from
Ferroplasma type II and Leptospirillium group II are involved in maintaining pH homeostasis [21,24,25].
Moreover, F0F1-type adenosine triphosphate synthase in Bacillus acidocaldarus, Thermoplasma acidophilum,
and Leptospirillium ferriphilum is known to play a critical role in regulating proton permeation [25].
In addition to these mechanisms, several other auxiliary mechanisms, involving for example, chaperone
proteins and cytoplasmic buffering capacity contribute to survival strategies under extremely low pH
conditions by protecting intracellular molecules such as DNA, RNA, and proteins [25].

Contrary to acidophilic microorganisms, alkaliphilic microorganisms can resistant high pH. To date,
three key biological mechanisms have been identified as survival strategies in these microorganisms.
First, under extremely high pH conditions, some alkaliphilic Bacillus spp. can increase the generation
of proton motive force through synthesizing a secondary acidic cell membrane consisting primarily of
peptidoglycan, teichuronic acid, and teichuronopeptide [26,27]. Increasing the proton motive force
contributes to not only energy generation but also pH balance [28–30]. Second, sodium motive force can
also promote pH balance under extremely high pH conditions [31,32]. Under high Na+ ion conditions,
Na+/H+ antiporters extrude Na+ ions and absorb a greater amount of extracellular H+ ions than that
of extruded Na+ ions, thereby activating a bioenergetic process and regulating the internal pH [33].
Finally, the production of organic acids that can be used for pH calibration is known to be an important
biological process in maintaining pH balance [34,35].

2.2. Halophilic Microorganisms

Halophilic microorganisms can thrive in a high-salt environment which hinders organisms’
survival due to osmolar imbalance and metabolic problems [36,37]. Previous studies on halophilic
microorganisms reported two fundamental adaptation strategies to survive under extremely high
salt conditions. The first is to use a “salt-in” strategy that refers to the accumulation of inorganic
osmoprotectants such as KCl inside the cell to maintain the osmotic balance both inside and outside
the cell [37]. It has been demonstrated that Halobacterium salinarum can accumulate 3.97 M and 4.57 M
of K+ and Cl− ions, respectively, inside the cell using the ATP-dependent K+ transport system (the
KdpFABC complex and cationic amino acid transporter-3 (Cat3) and Na+ efflux antiporters (NhaC) to
balance the osmotic gradient under high-salt conditions [38–41]. Moreover, halophilic microorganisms
have evolved an abundance of negatively charged aspartate and glutamate residues on protein surfaces
that can interact with water molecules to form a water cage that prevents protein precipitation and
dehydration [41–44].

As another adaptation strategy, some halophilic and halotolerant bacteria use the ‘compatible
solutes adaptation’ strategy to maintain osmotic balance by using compatible organic solutes such as
polyols, glucosylglycerol, sucrose, trehalose, ectoine, and betaine [45,46]. For example, the halophilic
bacterium Spiribacter salinus M19-40 produces enhanced levels of compatible solutes such as ectoine
and trehalose when they are exposed to a high NaCl concentration [45]. These organic solutes have a
critical role in reducing the thermodynamic activity of water to compensate for the external osmotic
pressure [47].

2.3. Psychrophilic and Thermophilic Microorganisms

Psychrophilic microorganisms usually have a preferred temperature range of 1–4 ◦C. Unlike
mesophilic microorganisms, whose preferred temperature range is 30–37 ◦C, psychrophilic
microorganisms can fully maintain cellular metabolism even at temperatures below 0 ◦C. To adapt to
these harsh conditions, they have evolved several physiological adaptation mechanisms, including
membrane fluidity control, molecular chaperones’ action, and antifreeze molecules’ synthesis [48,49].
For example, they can modulate membrane fluidity by altering its lipid composition, increasing the
amount of polyunsaturated fatty acids and polar/non-polar carotenoids and decreasing the size of
the lipid head groups [19,49]. A variety of temperature-induced enzymes such as cold-shock proteins
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(Csps) and heat-shock proteins (Hsps) are also involved in cold-shock resistance by regulating signaling
cascades that protect damaged proteins and cofactors [50]. Moreover, various antifreeze proteins and
polysaccharides such as trehalose, mannitol, and exopolysaccharides, which are constituents of biofilm,
can act as cryoprotectants [51].

Thermophilic microorganisms with a preferred temperature above 60 ◦C activate similar
survival mechanisms to psychrophilic microorganisms. For example, B. acidocalidus, a thermophilic
spore-forming bacterium, modulates membrane lipid fluidity by increasing hopanoids (a subclass of
triterpenoids) to resist high temperatures [52]. The thermophilic archaeon Metahnocaldococcus jannaschii

can resist high temperatures by regulating membrane lipid composition. When these microorganisms
were exposed to high temperature, the diether lipids decreased from 80% to 20%, while the
caldarchaeol-based and cyclic archaeol-based lipids increased from 10% to 40% [53,54]. In addition,
thermophilic microorganisms have evolved various biomolecules to induce thermal stability,
e.g., by increasing the guanine/cytosine content of DNA or developing a positive supercoiled
DNA structure [55]. Moreover, they not only possess very rich ribosomal proteins but also have a
well-developed heat-shock response to allow normal protein synthesis even at high temperatures [56,57].

2.4. Radiophilic Microorganisms

Radiophilic (radio-tolerant) microorganisms can thrive in environments with high levels of
radiation, including ultraviolet light and gamma rays. Previous studies on how they can adapt and
survive under high-dose radiation and oxidative stress conditions have revealed that they possess robust
DNA repair systems and antioxidation mechanisms to withstand intensive irradiation stress [58–63].
For example, RecA proteins from Deinococcus radiodurans R1, which is a representative radiophilic
microorganism, plays a crucial role in repairing damaged DNA under gamma ray irradiation [63,64].
When it is exposed to a high dose of irradiation, the expression levels of several novel proteins (PprA,
PprM, PprI, and DdrABCDO) and of DNA damage response regulons are dramatically increased and
contribute to DNA repair and damaged genome reconstruction [65–68].

Radiophilic microorganisms also have efficient antioxidant enzymes, such as catalase (CAT),
superoxide dismutase (SOD), and peroxidase, which are responsible for the scavenging of reactive
oxygen species (ROS) [63,69]. For example, CATs and SODs from D. radiodurans exhibit a
30-fold higher ROS scavenging activity than radiation-sensitive bacteria such as Escherichia coli

and Saccharomyces cerevisiae [63]. Moreover, non-enzymatic factors such as relatively high intracellular
manganese concentrations, polyphosphate granules, carotenoids, and pyrroloquinoline quinone are
also involved in the efficient scavenging of various ROSs as well as in the protection against protein
damage [70–73]. Other non-enzymatic factors protecting biomolecules from ionizing radiation are
a high intracellular Mn/Fe concentration ratio, orthophosphates, large amounts of free amino acids,
and small peptides that have been found in the polyextremophilic microorganism H. salinarum [74].

3. Bioremediation Using Extremophiles

3.1. Treatment of Heavy Metal Pollutants

Concerns about the toxicity of heavy metals have been drastically increasing because even a tiny
amount can be dangerous for public health and the environment. Moreover, currently used chemical
treatments of toxic heavy metals under extreme conditions is often hampered by their poor accessibility.
Thus, the development of sustainable bioremediation methods using extremophilic microorganisms
for the treatment of heavy metals has been investigated during the past several decades (Table 1). In
the case of extremely acidic conditions, acidophilic microorganisms that can thrive under low pH
conditions have been used as host strains for the detoxification of heavy metals through biomining
processes such as bioleaching and bio-oxidation [75–78]. There have been several reports on the
development of bioremediation processes using Acidothiobacillus strains, which are the most common
acidophilic and chemolithotrophic microorganisms. For example, industrial-scale bioleaching has
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been performed using Acidothiobacillus ferrooxidans [79–81]. Romero-González et al. [82] reported
the bioremediation of 100 mg/L of U(IV) ex situ from polluted mine water using At. ferrooxidans

NCIMB 8455, while Jameson et al. [83] demonstrated the utility of At. ferrooxidans and Acidothiobacillus

ferrivorans strains for hydrogen sulfide (H2S)-assisted copper precipitation (>99%) under acidic
conditions (pH 2.5–2.6). In other studies, the efficient reduction of vanadium ions [vanadate; V(V)] to
V(IV) and the biosorption of cadmium cations were successfully achieved by Acidocella aromatica PFBC
and Acidiphilium symbioticum H8, respectively, under highly acidic conditions [84,85].

More efficient decontamination of toxic heavy metals can be obtained using a microbial consortium,
a major advantage of which is to synergize different enzymatic systems and metabolic pathways
of individual microorganisms. Recently, the bioaugmentation of heavy metals using an acid mine
drainage (AMD)-isolated acidophilic microorganism consortium was performed on polluted port
sediment. The extraction of more than 90% Cu2+, Cd2+, Hg2+, and Zn2+ was successfully achieved
using an acidophilic microbial consortium consisting of Acidothiobacillus thiooxidans, At. ferrooxidans,

Acidiphilium cryptum, and Leptospirillum ferrooxidans [86]. Another study also reported the in situ
bioremediation of AMD soil defined as highly acidic (pH 3.21), sulfate (6285 mg/L), and heavy metals.
The introduction of an enriched microbial consortium composed of acidophilic microorganisms and
metal-resistant strains of Chloroflexi (29%), Acidobacteria (21%), Proteobacteria (16%), and Firmicutes (2%)
into AMD soil enabled 97% reduction of dissolved sulfate and increased the pH to 7.5 [87].

Halophilic microorganisms offer great advantages in the treatment of toxic pollutants in high-salt
environments. For example, bioremediation using marine bacteria is a promising solution for the
decontamination of seawater from toxic heavy metals, as these bacteria can survive at high salt
concentrations. There have been a few reports on the removal of toxic heavy metals using several
marine bacteria. For instance, Vibrio harveyi showed a good capability to accumulate cadmium cations
inside the cell with a high adsorption capacity (up to 23.3 mg Cd2+/g of dry cells) [88]. Another marine
bacterium, Enterobacter cloaceae, can chelate Cd, Cu, and Co by up to 65%, 20%, and 8%, respectively,
from mixed-salts solutions [89]. In addition to marine bacteria, some thermophilic microorganisms such
as Geobacillus thermantarcticus and Anoxybacillus amylolyticus have considerable biosorption capacity
for heavy metals, which suggests their applicability for the removal of heavy metals in polluted
environments [90].

As the development of biotechnology progresses, more advanced bioremediation methods that
are superior to traditional methods have been reported. Unlike conventional bioremediation methods
whose principle is based on the microorganism itself, new methods present improved efficiency and
specificity thanks to the use of biomolecular engineering approaches. For instance, S-layer proteins,
which have high stability and activity toward various heavy metals, are produced by lactic acid bacteria
and are promising biomolecules for toxic heavy metal decontamination under very low pH (pH 2)
conditions [91]. The S-layer proteins from Lactobacillus plantarum YW11 showed 99.9% Pb adsorption
capacity [92]; scanning electron microscopy–energy dispersive X-ray analysis demonstrated that the
Pb2+ ions were efficiently adsorbed and accumulated on the cell surface of L. plantarum YW11 in a
process mediated via S-layer proteins. The interaction of S-layer proteins from two Lactobacillus kefiri

strains (CIDCA 8348 and JCM 5818) has also been investigated for the adsorption of various metal ions
such as Cd2+, Zn2+, Pb2+, and Ni2+ [93].
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Table 1. Extremophilic microorganisms used in the removal of heavy metals.

Heavy Metal Method/Mechanism Extremophile Resistance 1 Removal Efficiency
(Initial Concentration) 2 Reference

As(III) Bioleaching 3 Acidothiobacillus ferrooxidans BY-3 Low pH
(pH < 1.8)

35.9%
(ND) [80]

U(VI) Bioleaching At. ferrooxidans Low pH (pH 1.5–4.5) 50%
(100 mg/L) [82]

Cu(II) Bioprecipitation Acidothiobacillus ferrivorans
Low pH
(pH 2.5)

>99%
(50 mM) [83]

V(V) Bioreduction Acidocella aromatica
Low pH
(pH 2.5)

70%
(1 mM) [84]

Cd(II)

Biosorption Acidiphilium symbioticum H8 ND
248.62 mg Cd(II)/g

biomass
(250 mg/L)

[85]

Bioaccumulation Vibrio harveyi
60 mg/L

MIC
84%

(30–60 mg/L) [88]

Biosorption Enterobacter cloaceae ND 65%
(100 mg/L) [89]

Biosorption Geobacillus thermantarcticus,
Anoxybacillus amylolyticus

High temperature
(80 ◦C)

85.4%, 74.1%
(50 mg/L) [90]

Cr(VI) Bioreduction Pyrobaculum islandicum
High temperature

(100 ◦C)
100%

(600 µM) [94]

1 Either the experimental conditions or the tolerance of the species. ND, not determined; MIC, minimum inhibitory
concentration. 2 Initial concentration of contaminant in the test. 3 Bioleaching, a metal solubilization process
mediated by sulfur-/iron-oxidizing bacteria.

3.2. Biodegradation of Organic Pollutants

A variety of microorganisms can transform toxic organic pollutants into non-toxic substances
such as petroleum hydrocarbons, aromatic petrochemicals, and various halogenated compounds
(Table 2). Such complete transformation requires not only strong resistance to toxic organic pollutant
exposure but also the ability to utilize toxic organic contaminants for their cellular metabolism.
Therefore, extremophilic microorganisms that have adapted to harsh environments such as extreme
temperatures and high salt concentrations over a long time period can potentially be widely used
for the treatment of organic toxic pollutants under the corresponding condition. For example, the
decontamination of polycyclic aromatic hydrocarbons and long-chain alkanes (C10 to C32) using
thermophilic Bacillus, Thermus, and Geobacillus strains isolated from oil-contaminated areas has been
reported [95–99]; a Geobacillus SH-1 strain isolated from a deep oil well was also able to degrade
saturated alkanes ranging from C12 to C33 and naphthalene. In another study, C12–C21 n-alkanes
were completely decomposed within 8 days, and 100 ppm of naphthalene was almost degraded
within 72 h [100]. Furthermore, bioaugmentation through introduction of various extremophilic
microorganisms including Geobacillus thermoparaffinivorans IR2, Geobacillus stearothermophilus IR4, and
Bacillus licheniformis increased the decontamination of long alkyl (C32 and C40) substances [101].

Table 2. Extremophilic microorganisms used in the removal of hydrocarbons.

Hydrocarbons Extremophile Resistance
Removal Efficiency

(Initial Concentration)
Reference

acenaphthene, fluoranthene, pyrene,
benzo[e]pyrene

Bacillus spp.,
Thermus sp.

High temperature
(60–70 ◦C)

35–77%
(30–60 mg/L) [95]

Pentadecane, octadecane, octacosane Geobacillus sp. SH-1 High temperature
(70 ◦C)

>70%
(100 mg/L) [100]

Rotricontane, tetracotane
Geobacillus thermoparaffinivorans,
Geobacillus stearothermophillus,

Bacillus licheniformis

High temperature
(50 ◦C)

>87%
(1 g/L) [101]

Mixed oil Pseudoalteromonas sp. P29 Low temperature
(5 ◦C)

90%
(2 g/L) [102]

Diesel, jet fuel, crude oil Oleispira antarctica RB-8T Low temperature
(4–15 ◦C)

53.7–79.4%
(1 g/L) [103]

Biphenyl, phenanthrene, anthracene,
naphthalene

Marinobacter sedimentalis,
Marinobacter falvimaris,

Marinobacter nanhaiticus

High salinity (5M
NaCl)

70–90%
(0.2–3 g/L) [104,105]

In addition to thermophilic microorganisms, psychrotrophic and halophilic microorganisms
have shown excellent performance in the treatment of organic hydrocarbon pollutants.
Low-temperature-adapted Pseudoalteromonas sp. P29 and Oleispira antarctica RB-8T exhibited high
efficiencies in the degradation of hydrocarbon mixtures composed of diesel, military jet fuel, and crude
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oil [102,103], while the halotolerant microorganisms Marinobacter sedimentalis, Marinobacter falvimaris,
and Marinobacter nanhaiticus D15-8W were able to transform biphenyl, phenanthrene, anthracene,
and naphthalene into useful carbon sources in hypersaline environments (e.g., salt lakes, salt marshes,
and highly saline soils) [104,105]. In particular, extracellular polymeric substances (EPSs), which are
cellular components of halophilic microorganisms, play a critical role in the remediation of organic
pollutants from hypersaline environments. Exopolysaccharides secreted by halophiles can act as
biosurfactants that contribute toward aggregating oils and emulsifying hydrocarbons, as well as offer
cellular resistance toward toxic heavy metals. Halophilic microorganism Halobacillus sp. EG1HP4QL
develops the ability to utilize crude oil as the sole carbon source within 12 days and to degrade paraffin
(34.5%), naphthalene (49.6%), mono- and bicyclic aromatic hydrocarbons (51.2%), polycyclic aromatic
hydrocarbon (43.5%), and alcohol–benzene resins (25.5%) [106]. EPS-producing Halomonas strain TG39
was also used for bioremediation of a hydrocarbon-contaminated Deepwater Horizon spill site [107];
the extracted EPS was effective not only in increasing the solubilization of aromatic hydrocarbons but
also in enhancing the degradation rate of phenanthrene. Hence, bioremediation using extremophilic
microorganisms is a promising method for the treatment of organic contaminant-polluted areas under
extreme conditions because the organic pollutants can be metabolized by the microorganisms.

3.3. Microbial Treatment of Radioactive Waste

Recent advances in synthetic chemistry and separation methods have led to the design of
various adsorbent systems including surface-modified nanomaterials and/or hybrid composites for the
treatment of radionuclides in soil or aqueous media. For example, surface-modified iron oxide (Fe3O4)
nanoparticles have been applied to selectively adsorb toxic heavy metals such as Cr(III), Co(II), Ni(II),
Cd(II), Pb(II), and As3+ from aqueous media [108]. Furthermore, engineered Au nanomaterials have
been developed that are excellent adsorbents for the desalination of non-radioactive and radioactive
iodine anions [109–111]. However, there are still several problems in the practical application of these
methods. First, a large volume of secondary radioelement-contaminated solid adsorbents is generated
during the desalination procedure, and so the removal of unsettled adsorbents after the treatment
requires an additional expensive step. Second, small- (nano- or micro-) sized adsorbents tend to lose
their stability and properties under particularly harsh conditions such as high salt concentration and
high radiation. Therefore, employing extremophilic microorganisms that can be used as a live cleaning
agent offer a useful alternative for the treatment of radioactive waste (Table 3).

The microbial treatment of radioactive waste can be accomplished through the interactions
between microorganisms and radioisotopes, such as biomineralization, biotransformation,
and biosorption [112–115]. Among these, mineralization of the target element inside bacterial cells has
been proposed as the main strategy for the removal of radionuclides from a contaminated area [116,117].
As an example, Shewanella and Geobacter strains can reduce some alpha nuclides such as U(VI), Pu(IV),
Am(V), and Th(IV) to make them harmless [15,114,116,118,119]. Anderson et al. reported the removal
of uranium from aqueous media by using acetate-stimulating Geobacter species, while enhanced
removal efficiency was demonstrated by supplementation with glucose, ethanol, and acetate as an
electron donor [120]. Since the 1990s, a variety of extremophilic microorganisms that can thrive under
high levels of ionizing radiation conditions (>15 kGy) have been identified [121–123]. Among these,
D. radiodurans, which is one of the most radio-resistant microorganisms, has received much attention
as a biological material for on-site treatment of radionuclide-contaminated environments [124,125]
(Table 3). Moreover, a variety of studies investigating the development of the bioremediation processes
using D. radiodurans for the removal of radionuclides pollutants have been reported [123,126–129].
A genetically engineered D. radiodurans strain expressing a non-specific acid phosphatase from
Salmonella enterica serovar Typhi [127–129] or bacterial Ni/Co transporter (NiCoT) [130] can precipitate
the oxidized form of uranium pollutants and radioactive cobalt (60Co), respectively.

In recent years, the combination of extremophilic microorganisms with nanotechnology has
emerged as a central strategy in efforts to treat polluted environments. A few case studies
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including the biosynthesis of various nanomaterials using extremophilic microorganisms have
been reported [131–135]. With the advent of nano-biotechnology, the combination of extremophilic
microorganisms with nanomaterials (nano-adsorbents and reductants) will be a promising technology
for useful bioremediation applications. For example, a highly efficient and stable method for the
removal of radioactive iodine (125I) using D. radiodurans with biogenic Au nanoparticles has been
reported [131], in which more than 3.7 MBq of 125I was efficiently removed (>99%) within 30 min.
More recently, the thermo-acidophilic archeon S. tokodaii 7T (NBRC 100140) capable of synthesizing
biogenic Pd(0) nanoparticles (mean diameter: 8.7 nm) showed four-fold increased Cr(IV) reduction
with 2.0 mg Cr(VI)/L/h/Pd(0) compared to a commercial Pd/C catalyst [(0.5 mg Cr(VI)/L/h/Pd(0)] [136].
Another study also demonstrated efficient Cr(IV) reduction using Pd(0) nanoparticles synthesized
by the acidophilic Fe3+-reducing bacteria Ac. aromatica PFBCT and Ap. cryptum SJH via a one-step
microbiological reaction [137].

Table 3. Extremophilic microorganisms used in radioactive waste bioremediation.

Radionuclide Extremophile Resistance Removal Efficiency Reference

U(VI), Cr(VI), Tc(VII) Deinococcus geothermalis
Radiation (12 kGy), high

temperature (55 ◦C) >90% [123]

D. radiodurans ND 95–100% [126]
U(VI) D. radiodurans expressing PhoN Radiation (6 kGy) >90% [127]
Co-60 D. radiodurans expressing NiCoT Radiation (6.4 kGy) >60% [130]
I-125 D. radiodurans Radiation (8 kGy) >99% [131]

4. The Future Direction

Pollution, which has emerged as a side effect of the rapid growth of industrialization and
urbanization, is a worldwide threat to the environment and public health. Thus, the development
of highly efficient and stable methods for cleaning up polluted environments has become a major
challenge. Although a variety of conventional methods to remove toxic pollutants have been developed
over the past several decades, there are still many hurdles that need to be overcome to realize practical
applications [138]. Hence, extremophilic microorganisms, which can thrive under harsh conditions,
have been receiving particular interest as bioagents for the removal of toxic pollutants.

Although conventional microbial bioremediation processes have succeeded in the removal of
various toxic pollutants, current methods still require much effort to overcome their limitations
in terms of cost-effectiveness, removal efficiency, and practicality. E. coli and Bacillus spp. are
commonly considered host strains for microbial bioremediation processes, being well known due to
their broad use with well-established genetic engineering tools [139,140]. However, despite intensive
genetic engineering, the practical use of these microorganisms for on-site remediation is extremely
limited, owing to their relatively weak resistance to harsh conditions and low removal efficiency.
Thus, to overcome these limitations, subsequent strategies based on the combination of extremophilic
microorganisms with advanced biotechnology from fields such as systems metabolic engineering,
synthetic biology, and nanotechnology have enhanced the performance of bioremediation through
reprogramming the nature of wild-type microorganisms [141,142]. Several approaches based on
biotechnology and nanotechnology are (1) screening and identification of microorganisms that have a
strong tolerance for harsh conditions, (2) making microorganisms capable of degrading a variety of
environmental toxic pollutants, (3) increasing the removal capacity and specificity of microorganisms
toward target pollutants, and (4) expanding the removal spectrum of microorganisms using biogenic
nanoparticles. Moreover, a variety of advanced tools in bioengineering, such as in silico flux analysis,
biostatistics, and multi-omics analysis, will allow us to access the possibly infinite potential of
extremophilic microorganisms for the treatment of environmental toxic pollutants.
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5. Conclusions

When considering all the aspects presented in this review, extremophilic microorganisms appear
as attractive bioagents for the clean-up of toxic pollutants contaminating the environment, due to their
unique characteristics such as toughness, adaptability, and strong resistance to extreme conditions.
Although many challenges still need to be addressed, the adoption of extremophilic microorganisms for
the development of bioremediation processes is an environmental imperative for us to meet the needs
of global public health. Indeed, combining extremophilic microorganisms with biotechnology and
nanotechnology will open new avenues toward developing highly efficient and eco-friendly methods
for the treatment of toxic pollutants (Figure 2).

 

 

Figure 2. A schematic diagram of advanced bioremediation using extremophilic microorganisms
combined with biotechnology and nanotechnology. Representative candidates that can be used as a
host strain for the treatment of pollutants in the environment are shown.
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Abstract: Removing methylene blue (MB) dye from aqueous solutions was examined by the use
of nickel molybdate (α-NiMoO4) as an adsorbent produced by an uncomplicated, rapid, and cost-
effective method. Different results were produced by varying different parameters such as the pH,
the adsorbent dose, the temperature, the contact time, and the initial dye concentration. Adsorbent
dose and pH had a major removal effect on MB. Interestingly, a lower amount of adsorbent dose
caused greater MB removal. The amount of removal gained was efficient and reached a 99% level
with an initial methylene blue solution concentration of ≤160 ppm at pH 11. The kinetic studies
indicated that the pseudo-second-order kinetic model relates very well with that of the obtained
experimental results. The thermodynamic studies showed that removing the MB dye was favorable,
spontaneous, and endothermic. Impressively, the highest quantity of removal amount of MB dye
was 16,863 mg/g, as shown by the Langmuir model. The thermal regeneration tests revealed that the
efficiency of removing MB (11,608 mg/g) was retained following three continuous rounds of recycled
adsorbents. Adsorption of MB onto α-NiMoO4 nanoparticles and its regeneration were confirmed by
Fourier transform infrared spectroscopy (FTIR) analysis and scanning electron microscopy (SEM)
analysis. The results indicated that α-NiMoO4 nanosorbent is an outstanding and strong candidate
that can be used for removing the maximum capacity of MB dye in wastewater.

Keywords: nanosorbent; regeneration; α-NiMoO4; methylene blue; removal

1. Introduction

Dyes have recently been extensively utilized in several industrial and manufacturing
applications, e.g., printing, textile, paper, carpet, and cosmetics. Dyes are considered toxic,
hazardous pollutants and require removal before their discharge into the environment [1–7].

Numerous methods have been developed for dye removal from wastewater and
industrial waste matter, including adsorption, coagulation, photodegradation, floccula-
tion, membrane separation, ion exchange, biological treatment, chemical oxidation, and
extraction [8–15].

Adsorption application is extensively employed due to its ease of process and guaran-
tee of superb minimal cost from among those above-mentioned methods [1,16–21]. Several
natural adsorbents have been successful in the elimination of color from aqueous waste
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matter [22–25]. A universally used example is activated carbon owing to the presence
of its large surface area [26,27]. There are still some difficulties that limit its use, such as
its high cost of production, low-quality mechanical properties, regeneration issues, and
phase separation strain [28]. The challenge faced by the researchers is to develop novel
adsorbents with boundless adsorption capabilities that are capable of being regenerated
for the recovery of reusable compounds.

In recent years, researchers have shown a great interest in binary metal oxides due to
their potential performances for different materials [29]. In recent years, scientists have paid
extensively studied the group of metal molybdates which has given the most favorable
examples of mixed metal oxides [30–33]. Nickel molybdate (NiMoO4) has various applica-
tions in catalysis such as hydrodesulfurization and hydrodenitrogenation reactions [34,35],
oxidative dehydrogenation of light alkanes [36–40], partial oxidation of hydrocarbons [41],
and microwave applications [42]. It is also used in humidity sensors [43], supercapac-
itors [44,45], optical fibers, and military devices [46]. Nickel molybdate has attractive
structures and electrochemical and magnetic properties [47,48], and it can be found in two
crystalline forms, α-NiMoO4 and β-NiMoO4.

Various methods of NiMoO4 synthesis have been presented in the literature, in-
cluding sonochemical [49,50], hydrothermal [46,51,52], precipitation [53,54], sol–gel [53],
mechanochemical synthesis [55], solid state at high temperature [56,57], and microwave-
assisted methods [58].

Recently, molybdate compounds have attracted great interest for their utilization
in environmental applications such as the photocatalytic oxidation of dyes [59–62], the
oxidation of methylene blue (MB) dye [63], and the sorption of water-soluble dyes [30,61].

In particular, α-NiMoO4 synthesized by the microwave-assisted method has shown
good photocatalytic activity for methylene blue photodegradation [58]. In addition, NiMoO4
nanostructures synthesized by the coprecipitation method were efficiently used as a catalyst
for methyl orange photooxidation under UV irradiation [64]. Furthermore, hydrothermally
synthesized β-NiMoO4 was recently used as a sono-photocatalyst for the degradation of
methylene blue (MB) under diffused sunlight [65]. However, α-NiMoO4 has not yet been
explored for the removal of dyes by adsorption.

In the present work, nickel molybdate nanoparticles, synthesized using a facile and
easy method without the use of any solvents, were evaluated for removing methylene
blue dye (MB) as adsorbents. MB dye was utilized as an ideal dye owing to its extensive
manufacturing uses as a food coloring agent and for cotton, wool, silk, and leather, to
name a few examples [60]. The influence of diverse parameters, namely solution pH,
initial concentration, adsorbent dose, and contact time, on the removal of methylene blue
by synthesized α-NiMoO4 nanosorbents was examined. The kinetics and adsorption
isotherms were evaluated. In addition, after the nanosorbent had been regenerated by
calcinating at high temperature, the removal efficiency was likewise investigated.

2. Results and Discussion

2.1. Removal of MB

2.1.1. pH Point of Zero Charge (pHpzc)

The pH point of zero charge (pHpzc) can provide information regarding the surface
charge of a material. The results found for this parameter are given in Figure 1. In fact, the
pHpzc of nickel molybdate was determined from graphs where the initial pH is equal to
the final pH (intersection of curves). As shown in Figure 1, the nickel molybdate presented
a surface charged negatively (pHpzc = 8.96). The surface of nickel molybdate became
negatively charged for a pH of solutions >8.96 and acquired a positive charge when the
pH was lower than 8.96. According to the literature, the cation uptake is favorable at a
pH > pHpzc, whereas the uptake of anions is encouraged at a pH < pHpzc of sorbent [66].
The obtained pH point of zero charge value is close to those obtained for some metal oxides
such as CuO and NiO, which are in the range of 9–10 [67].
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Figure 1. pHpzc for nickel molybdate.

2.1.2. Effect of pH

pH is essential in terms of controlling the removal of dyes. It has no effect on altering
the separation of the adsorbent site; nevertheless, it modifies the structure and the chemistry
of the dye [68]. Moreover, the charge and surface potential of the oxide are primarily pH-
dependent. It is possible, in some cases, to adjust the pH conditions of the slurry in such
a way that all the particles exhibit the same charge polarity [68]. Hence, the effect of pH
on the removal of MB by nickel molybdate (α-NiMoO4) nanosorbent was assessed by
varying pH values between 3 and 11 at a controlled temperature of 20 ◦C with the initial
concentration of 100 ppm. Figure 2 demonstrates that methylene blue removal depended
on the effect of pH. By increasing the pH from 3 to 7, the removal percentage did not
substantially change and remained at about 29%. The further increase of pH to 9 slightly
increased the removal percentage to 35%. The increase of pH to 11 led to the highly efficient
removal of MB, as the removal percentage reached 93%. Moreover, there was an increase
in the quantity of dye eliminated for every unit mass of the adsorbent at its equilibrium
(qe) from 25 to 93 mg/g.

Figure 2. Effect of pH on dye removal performance of α-NiMoO4 in a 100 ppm methylene blue
solution (mads = 0.1 g, T = 20 ◦C, t = 30 min).

Strong electrostatic interactions took place between the charges of the MB dyes and
those of α-NiMoO4 adsorbent, as demonstrated by the increase in removal percentage
obtained with the increase of the pH values. Furthermore, in the solution at pH 11, the
hydroxyl group (OH−) favors the direction of the positively charged MB as the pKa equals
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3.8 [69]. Nevertheless, the lower removal performance at acidic values may well be related
to the extra proton ions within the solution which are in concurrency with those of the basic
dye cations on the removal sites of α-NiMoO4. Comparable outcomes were reported by
Kooli et al. in the examination of waste bricks utilized as favorable agents for the removal
of basic blue 41 from liquid solutions [70].

On the other hand, these results can be explained by the point of zero charge value
measured for nickel molybdate (pHpzc = 8.96). The literature reports that at lower pH
(pH < pHpzc), the surface charge may become positive, thus allowing H+ ions to compete
effectively with dye cations and causing a decrease in the amount of dye adsorbed [71].
At higher pH (pH > pHpzc), the nickel molybdate may become negatively charged, which
enhances the positively charged cationic dye through electrostatic forces of attraction.

Thus, pH 11 was found to be the best value for the removal of MB when employing
α-NiMoO4 nanosorbent.

2.1.3. Effect of Adsorbent Dose

One crucial parameter in adsorption processes is the adsorbent dose [72]. The MB
dye removal using α-NiMoO4 was explored with varying adsorbent doses of 0.001 to
0.5 g/L with an initial dye concentration of 160 ppm. As can be seen clearly in Figure 3, the
percentage (%) and the amount (mg/g) of MB removed were reduced as the nanosorbent
dose increased from 0.001 to 0.5 g/L. The decrease in the removal effectiveness might
be due to the performance of particle interaction (e.g., aggregation) as a result of the
high dosage of the adsorbent. Such aggregation could increase diffusional path duration.
Furthermore, the adsorption sites remain unsaturated throughout the course of sorption
under these conditions. In fact, all of these factors can lead to a decrease in available particle
size [73,74].

Figure 3. Effect of adsorbent dose on the dye removal performance of α-NiMoO4 in a 160 ppm
methylene blue solution (t = 30 min, T = 20 ◦C).

2.1.4. Effects of Initial Concentration and Contact Time

Figure 4 presents the effects of initial MB dye concentration and contact time on dye
removal. The removal of MB was enhanced with the increase in contact time, reaching
the highest value of 98% at around 30 min for initial methylene blue concentrations of
100 ppm. For MB concentrations of 120, 140, and 160 ppm, a maximum value of 99%
removal was reached at around 60 min. However, the removal percentage of MB decreased
from 99% to 76% as the Ci value was increased from 160 to 200 ppm. The removal amount
remarkably increased from 9993 mg/g to 15,900 mg/g when the initial dye concentration
increased from 100 to 160 ppm and remained stable when the concentration was increased
to 200 ppm. This showed that the concentration gradient is an essential factor that drives the
overcoming of the mass transfer resistances within the solid and liquid phases. The ratio of
the solution connected with the α-NiMoO4 surface was higher at lower MB concentrations,
which triggered a rise in removal efficiency. In contrast, at higher MB dye concentrations,
the decrease in the adsorption percentage was affected by the saturation of active sites on
the α-NiMoO4 surface [75].
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Figure 4. Impact of the initial dye concentration and contact time on the methylene blue (MB) dye
removal performance of α-NiMoO4 (madsorbent = 0.001 g, T = 20◦C, pH = 11).

2.1.5. Temperature Effect

The temperature is an essential factor that greatly affects the removal of dyes [76]. The
procedure for removing the methylene blue dye was examined from 20 to 70 ◦C, as shown
in Figure 5. The outcome of temperature experiments shows that the removal percentage
increased from 70% to 100% and the removal capacity increased from 14,047 to 19,990 mg/g
at an initial MB dye concentration of 200 ppm. The efficiency progression of MB removal
with a rise in temperature was due to the intensity of attractive forces between removal
sites and the MB, which shows an endothermic process [70]. In addition, increasing the
temperature improves the removal motion of the adsorbent sites and the dye molecule
motion [76].

Figure 5. The effect of temperature on the dye removal capacity of NiMoO4 in a 200 ppm methylene
blue solution (t = 30 min, pH = 11).

Thermodynamic factors are also important factors in adsorption processes [77,78].
The probability and the mechanism of adsorption can be predicted by the thermodynamic
factors [77]. The following equations are used to determine the thermodynamic parameters:

∆Go = −RTLnKd (1)

Kd =
Ca

Ce
(2)

LnKd =
∆So

R
−

Ho

RT
(3)

where R is the gas constant (J mol−1 K−1), ∆G◦ is the free energy, Kd is the distribution
constant, T is absolute temperature (K), Ca is the quantity of dye adsorbed by the adsorbent
at equilibrium (mol/L), Ce is the equilibrium concentration, ∆H◦ is the standard enthalpy,
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and ∆S◦ is the standard entropy. ∆S◦ and ∆H◦ values were obtained from the intercept and
slope of the ln Kd versus 1/T plot (Figure 6). ∆G◦ values were obtained from Equation (1)
and are shown in Table 1. The adsorption is favorable and spontaneous, and this is
revealed by the negative value obtained for ∆G◦. In fact, Gibbs free energy change (∆G◦)
values can discern whether a process is spontaneous or not, and negative values of ∆G◦

imply a spontaneous process. The enthalpy change (∆H◦) provides information about the
exothermic or endothermic nature of the process and differentiates between physical and
chemical adsorption processes. Therefore, the positive value of ∆H◦ (35.12 kJ mol−1) shows
that methylene blue removal followed an exothermic process. In addition, the (∆H◦) value
was found to be less than 40 kJ/ mol, which indicates that the adsorption of MB by nickel
molybdate is physisorption [79]. The present results are similar to the results reported by
Xia [80] for adsorption of congo red from aqueous solution by CTAB–hectorite and ODA–
hectorite composites. The enhanced anarchy and uncertainty in the solid solution interface
of methylene blue and α-NiMoO4 are shown by the positive values of ∆S◦. The adsorbate
molecules move the adsorbed water molecules; consequently, translational energy is gained
rather than lost, which indicates that this approach takes place randomly [81].

Figure 6. Van’t Hoff plot presenting the impact of temperature on methylene blue dye removal
utilizing α-NiMoO4.

Table 1. Thermodynamic parameters for the removal of MB dye utilizing α-NiMoO4.

Adsorbent Adsorbate Temperature (K) Kd ∆H◦ (kJ mol−1) ∆S◦ (kJ mol−1 K) ∆G◦ (kJ mol−1)

α-NiMoO4 MB

293 2.401

35.12 0.126

293K 313K 323K 333K 343K313 3.348

323 7.696

333 23.390
−2.134 −3.144 −5.480 −8.727 −14.822

343 180.818

2.2. Kinetic Study

Kinetic study of removal of methylene blue dye has been conducted as it provides an
indication regarding the adsorption system [82].
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The data found from the kinetics of removing MB dye using α-NiMoO4 nanosorbent
were examined by pseudo-first-order, pseudo-second-order, and intraparticle diffusion
models. Equations of the studied models are shown in Table 2.

Table 2. Kinetic model equations.

Model Equation Parameters

Pseudo-first-order (PFD) [83] Ln
(

qe − qt
)

= Lnqe + K1t (4)

K1: the rate constant of pseudo-first-order
adsorption (1/min)

qe: the removal capacity at equilibrium (mg/g)
qt: the removal capacity at time t (mg/g)

Pseudo-second-order (PSD) [83] t
qt

=
1

K2q2
e
+

t
qe

(5)

K2: the pseudo-second-order rate constant
(g·mg−1·min−1)

qe: the removal capacity at equilibrium (mg/g)
qt: the removal capacity at time t (mg/g)

Intraparticle diffusion (IPD) [77] qt = KIt0.5 + l (6)

qt: the removal capacity (mg/g) at time t
t: the contact time (min)

I (mg/g) and KI (mg/(g·min0.5)): the
intraparticle diffusion constants

Three model parameters, namely pseudo-first-order, pseudo-second-order, and intra-
particle diffusion, are presented in Table 3 and displayed in Figure 7, Figure 8, Figure 9
respectively. Regression correlation coefficients (R2) of the three models vary. Intra-
particle diffusion is 0.934 to 0.981, pseudo-first-order ranges from 0.952 to 0.988, and
pseudo-second-order is 0.999 to 1.000, varying with their concentrations used. The R2 for
pseudo-second-order is equal to or near 1, and hence this model fits very well.

Figure 7. Pseudo-first-order model plot showing the impact of contact time and initial dye concentra-
tion on methylene blue removal utilizing α-NiMoO4.
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Figure 8. Pseudo-second-order model plot showing the impact of contact time and initial dye
concentration on methylene blue dye removal utilizing α-NiMoO4.

Figure 9. Intraparticle diffusion model plot showing the impact of contact time and initial dye
concentration on methylene blue dye removal utilizing α-NiMoO4.

Table 3. Kinetic parameters for removal of methylene blue utilizing α-NiMoO4.

Cimg/L Pseudo-First-Order Pseudo-Second-Order
Intraparticle

Diffusion Model

qexp

(mg/g)
qe

(mg/g)
k1

(1/min)
R1

2 qe

(mg/g)
k2

(g/mg min)
R2

2 I
(mg/g)

ki

(mg/g min0.5)
R3

2

100 10,000 584 0.020 0.988 9964 0.00015 1.000 9311 65 0.981

120 11,981 2101 0.048 0.966 12,200 0.00004 1.000 10,027 218 0.946

140 13,970 4770 0.062 0.982 14,436 0.00002 1.000 10,426 403 0.934

160 15,900 4218 0.028 0.952 16,136 0.00002 0.999 11,036 501 0.959

2.3. Adsorption Isotherms

When planning adsorption methods, adsorption isotherms, which are known to be
essential, are taken into consideration due to their perfect explanation [84]. Four adsorption
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models have been examined, namely Dubinin–Radushkevich, Temkin, Freundlich, and
Langmuir models. Equations of the four examined models are presented in Table 4.

Table 4. Adsorption isotherm models for the removal of methylene blue dye utilizing α-NiMoO4.

Model Equation Parameters

Freundlich [78] Lnqe = LnqF +
1
n

LnCe (7)

Ce: concentration of MB at equilibrium (ppm)
n: the heterogeneity factor (g/L)

qF: the Freundlich constant (mg(1−1/n) L1/n g−1)
qe: the methylene blue dye quantity adsorbed by α-NiMoO4

at equilibrium (mg/g)

Langmuir [85]

Ce

qe
=

1
qmKL

+
Ce

qm
(8)

qe: the methylene blue dye quantity adsorbed by α-NiMoO4
at equilibrium (mg/g)

Ce: concentration of MB at equilibrium (ppm)
qm: the maximum quantity of methylene blue dye removed

by α-NiMoO4 (mg/g)
KL: Langmuir constant of adsorption (L/mg)

RL =
1

1 + KLCi
(9)

Ci: the initial concentration of methylene blue
KL: the Langmuir constant

RL: values indicate that the removal of methylene blue dye
could be linear (RL = 1), irreversible (RL = 0), favorable (0 <

RL< 1), or unfavorable (RL > 1)

Dubinin–Radushkevich (D-R) [84]
Lnqe = Lnqm − Kε2 (10)

ε = RTLn

(

1 +
1

Ce

)

(11)

K: constant for the sorption energy (mol2/kJ2)
ε: the Polanyi potential
T: the temperature (K)

R: the universal gas constant (8.314 J.mol−1 K−1)
qm: the theoretical saturation capacity

Ce: the equilibrium concentration of the methylene blue dye
left in the solution (ppm)

Temkin [86] qe = BTLnAT + BTLnCe (12)

bT: the Temkin constant related to heat of sorption (J/mol)
BT = RT/bT

R: the gas constant (8.314 J/mol K)
AT: the Temkin isotherm constant (L/g)

T: the absolute temperature (K)

The models employed to match the investigational data were Freundlich, Langmuir,
Temkin, and D–R isotherm. Standards of regression correlation coefficients (R2) and the
model parameters are displayed in Figure 10 and contained in Table 5. Langmuir equation
demonstrated the highest value of R2 (0.999), and D–R model revealed the lowest value of
R2 (0.782), while intermediary values were attained for Temkin and Freundlich (0.960 and
0.948, respectively). The Langmuir model fits the experimental results well; the methylene
blue removal occurred on a homogeneous surface, establishing a monolayer on the α-
NiMoO4 adsorbent, with a high adsorption capacity of 16,863 mg/g. Methylene blue dye
removal by α-NiMoO4 is favorable and is revealed by the RL separation factor ranging
from 0.0004 to 0.0006.

Figure 10. Freundlich (a) and Langmuir (b) isotherm model plots presenting the results of initial dye
concentration and the removal of methylene blue dye utilizing α-NiMoO4.

131



Molecules 2021, 26, 1378

Table 5. Isotherm parameters for the removal of MB dye utilizing α-NiMoO4.

Langmuir Freundlich Temkin Dubinin–Radushkevich

qm
(mg/g)

KL (L/
mg) R2 Range

RL

qF(mg(1−1/n)

L1/ng−1)
1/n R2 AT

(L/g) BT R2 qm
(mg/g) R2 E (Kj/

mol)

16,863 16 0.999 0.0004–
0.0006 16,318 6 0.948 1220 2269 0.960 14,429 0.782 43

Table 6 presents previous reports of the maximum amount of methylene blue dye
removed. When compared with many nanosorbents, Nickel-based nanosorbents NiO
(Qmax = 10,585 mg/g) and α-NiMoO4 (Qmax = 16,863.00 mg/g) show a considerably higher
rate of adsorption for MB. The adsorption capacity of Fe2(MoO4)3 (Qmax = 6173.00 mg/g)
is lower than that obtained by α-NiMoO4, which can be related to the difference in their
specific surface area (8.03 versus 29.86 m2/g). Thus, α-NiMoO4 has the advantage of being
able to be synthesized at a rather low temperature via a relatively cost-effective, very simple
procedure for use in potential novel, more efficient decontamination processes aimed at
the removal of methylene pollutants.

Table 6. Previous reports of the maximum amount of methylene blue dye removed (qm).

Nanosorbent Qmax (mg/g) Reference

ZnMoO4 nanoparticles 217.86 [30]

Fe2(MoO4)3 nanoparticles 6173.00 [87]

α-MoO3 nanoparticles 152.00 [88]

Chemically reduced graphene oxide 1519.60 [89]

Magnetic β-cyclodextrin–chitosan nanoparticles 2783.30 [90]

ZnO 7918.02–9197.70 [91]

Fe2O3 1124.70 [92]

CoO 5501.93 [92]

NiO 10,585.00 [92]

Nickel molybdate (α-NiMoO4) 16,863.00 This work

2.4. Regeneration and Characterization of the α-NiMoO4 Nanosorbent

2.4.1. Regeneration Performance

The repeatability and regeneration of nanosorbents are quite important for their
practical applications. Regeneration techniques suggested in the literature include chemi-
cal extraction, thermal treatment, supercritical regeneration, microwave irradiation, bio-
regeneration, etc. [25,88,93–95]. The thermal regeneration, which has been applied for
molybdenum oxide nanosorbent, was described in our previously published work [88]. In
this investigation, the thermal treatment technique was examined for purposes of regenera-
tion testing, as the structure of the α-NiMoO4 removal agent was steady. The adsorbed MB
was completely oxidized and decomposed during the calcination process.

The results showed that α-NiMoO4 could be re-stimulated through thermal treatment.
Figure 11 indicates the reused performance of α-NiMoO4 in the removal of MB in three
cycles. As a matter of fact, the data show a decrease in dye removal from 99% to 73%
with a decrease in removal capacity from 15,900 to 11,608mg/g. The maximum adsorption
capacity obtained after four cycles of use (11,608 mg/g) was higher than that obtained
by several nanosorbents [30,87–92]. The high level of removal efficiency showed that the
adsorbent regeneration by way of calcination under atmospheric air at a temperature of
400 ◦C was extremely efficient and indicative of outstanding recycling capability.
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Figure 11. Recycled performance of α-NiMoO4 in the removal of MB dye.

2.4.2. Fourier Transform Infrared Spectroscopy

To completely recognize the method by which α-NiMoO4 nanosorbent removes MB
dye, the components subjected to MB dye were examined by FT-IR spectroscopy. Figure 12
shows the FTIR spectra for the α-NiMoO4 sample before and after the removal of methylene
blue dye. As observed, the characteristics of flexing and stretching vibrations of the metal–
oxygen bonds at 966 and 930 cm−1 and the broad, centered bonds at 650 cm−1 correspond
to nickel molybdate [96]. The FTIR spectrum of the pure methylene blue displayed bands
between 1700 and 1000 cm−1 [97]. The FTIR spectrum of NiMoO4 after adsorption of
methylene blue (NiMoO4-MB) displayed further bands located at 1600 cm−1, related to the
C=C stretching of methylene blue, because of the presence of the methylene blue attached to
the active sites of NiMoO4 [98]. The FTIR spectrum of the regenerated NiMoO4 (NiMoO4-
MB-Reg) after thermal treatment and the FTIR spectrum of fresh NiMoO4 were alike,
indicating thorough combustion of the attached methylene blue on the surface, and the
resulting spectrum showed the cleanness and performance of the regenerated adsorbent.

Figure 12. Fourier transform infrared spectra of NiMoO4, NiMoO4-MB, NiMoO4-MB-Reg, and MB.

2.5. Removal Mechanism of MB

The removal of MB by α-NiMoO4 nanoparticles was discovered to be due to the
adsorption mechanism. Moreover, FTIR spectroscopy revealed that the removed methy-

133



Molecules 2021, 26, 1378

lene blue cations were triggered by the adsorption method without any intermediate
compounds produced due to the absence of MB decomposition. Additionally, by using
α-NiMoO4 nanoparticles, the effectiveness of MB dye removal increased with the increase
in pH up to pH 11, and this may be credited to its basic media. A reasonable mechanism
can be proposed (Figure 13) on the basis of these findings. Furthermore, the positive charge
of the MB dye is sustained in the first step at pH 11 since the pKa is equal to 3.8 [69]. Addi-
tionally, α-NiMoO4 reacts with the hydroxyl groups (OH−) in the solution to generate the
ion nickel molybdate (NiMoO5

2−) with no intermediate compounds present [99]. Hence,
the adsorption is directed by the strong electrostatic interactions between the negatively
charged surface of nickel molybdate (NiMoO5

2−) and the positive charge of methylene
blue cations [88].

Figure 13. Schematic mechanism of the methylene blue dye removal by α-NiMoO4 nanosorbent.

It is important to adhere to the progression of the α-NiMoO4 morphology at different
phases of the adsorption study. The SEM micrograph in Figure 14A gives an idea about
how the particles form aggregates, showing a good porosity that can allow the improved
adsorption of the dye. Nevertheless, the micrographs in Figure 14B,D,F show much less
porous powder after the adsorption experiments; the methylene blue molecules filled
the pores present in the starting samples. Figure 14C,E,G shows that the morphology of
the sample did not change after the regeneration or the first and second reuses. In all
cases, the particles were less agglomerated, displaying exceptionally porous powder. The
morphology of α-NiMoO4 was not significantly altered, even after the second and third
reuses (Figure 14E,G).

134



Molecules 2021, 26, 1378

Figure 14. SEM micrographs: (A) the starting material, pure nickel molybdate (α-NiMoO4); (B) the
material after the MB dye had been removed; (C) the regenerated α-NiMoO4; (D) the material after
the second regeneration and/or removal cycle of the methylene blue dye; (E) the morphology of α-
NiMoO4 after the second regeneration process; (F) the material after the third regeneration/removal
cycle of methylene blue dye; (G) the morphology of α-NiMoO4 after the third regeneration.

3. Materials and Methods

3.1. Nickel Molybdate Nanosorbent Preparation

All synthetic compounds aside from the methylene blue (provided by Panreac, Barcelona,
Spain) were purchased from Sigma-Aldrich (St. Louis, MO, USA) and utilized as received
with no alterations.
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Nickel molybdate (NiMoO4) was formed by thermal breakdown of a nickel molybde-
num complex obtained from the reaction of oxalic acid dihydrate H2C2O4·2H2O, nickel
nitrate Ni(NO3)2·6H2O, and ammonium molybdate (NH4)6Mo7O24·4H2O in its solid form,
as defined previously in the literature [32]. Nickel nitrate, oxalic acid dihydrate, and
ammonium molybdate were blended jointly together in a molar proportion of 1/10/0.143.
The mixture was powdered homogeneously and placed on a hot plate at a temperature
of 160 ◦C for heating. The obtained nickel molybdenum complex was then decomposed
under the control with static air at 500 ◦C for 2 h inside a cylindrical furnace, which was
open at the two ends.

3.2. Adsorption Experiments

Experimental adsorption batches were set up for the removal of the MB dye [75]. The
elimination of MB dye by NiMoO4 was undertaken by the constant stirring of a precise
quantity of adsorbent into a 100 mL MB dye solution with known concentrations and varied
temperatures (such as T = 20, 50, and 70 ◦C) with various contact times (such as 10, 30, 60,
90, and 120 min). Toward the end of prearranged time intervals, before examination with a
UV-Visible spectrometer, 0.22 µm syringe filters (Whatman) were used for filtration. Using
0.01 N NaOH or 0.01 N HCl, the pH of the methylene blue solution was easily adjusted.
The removed quantity and percentage (%) of methylene blue dye at its equilibrium qe
(mg/g) were calculated by the following equations:

Removal % =
C0 − Ce

C0
× 100 (13)

qe =
(C0 − Ce)

M
× V (14)

where M stands for the mass of α-NiMoO4 (g) added; V is the quantity of solution used
(L); and Ce and C0 are equilibrium and initial concentrations of MB (ppm), respectively.
The results were tested three consecutive times, and the percentage uncertainty was found
to be around 3%.

3.3. Adsorbent Regeneration Method

A solution of 160 ppm was used for regeneration experiments, and the removal
equilibrium period was extended by 1 h. The fresh α-NiMoO4 used was filtered and
dried under a constant temperature of 100 ◦C and then calcined at 400 ◦C for 1 h under
atmospheric air. The calcined α-NiMoO4 was examined to assess the recycling objectives
under conditions similar to those for the freshly used α-NiMoO4. Once the first recycling
test worked well, the restoration process was replicated for three consecutive cycles under
consistent conditions.

3.4. pH Point of Zero Charge (pHpzc) Measure

The pH point of zero charge (pHpzc) of the material was measured by the electro-
chemical method reported by Altenor et al. [100]. First, 50 mL of a 0.01 M NaCl solution
was placed in a 100 mL beaker. Then, the pH was adjusted to successive initial values
between 2 and 12 by using either NaOH or HCl (0.1 M), and 0.001 g of nickel molybdate
was added to the solutions. After a contact time of 24 h, the final pH was measured and
plotted against the initial pH.

3.5. Characterization

Analysis of XRD patterns (X-ray diffractometer 6000, Shimadzu, Tokyo, Japan, in-
stalled with λCu-Kα = 1.5406 Ǻ and Ni filter) was conducted to characterize the phase
composition of the synthesized α-NiMoO4 nanosorbent, as presented in Figure 15.
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Figure 15. X-ray diffraction pattern of the synthesized NiMoO4 nanoparticle powder. The Joint
Committee on Powder Diffraction Standards (J.C.P.D.S) index file number is 31-0902.

The specific surface area characterization was completed by using nitrogen isotherm
adsorption in the same way as stated in our previous research work [32]. The recorded
specific surface area was 29.86 m2/g.

FTIR spectroscopy in the range of 400 to 4000 cm−1 (IR Affinity-1S Shimadzu appa-
ratus, Tokyo, Japan) using KBr pellets confirmed the existence of methylene blue dye on
α-NiMoO4 nanoparticles following the experimental adsorption and regeneration studies.

SEM analysis (Quanta Feg 250, Thermo Fisher Scientific, Hillsboro, OR, USA) was
conducted. UV-Visible spectrophotometer (Thermo Scientific Genesys 10S, Madison, WI,
USA) was used to determine the concentration at equilibrium.

4. Conclusions

α-NiMoO4 nanosorbent was synthesized and investigated as a material for the re-
moval of MB dye from aqueous solutions. Removal of MB was extremely reliant on the
pH, and this resulted in the achievement of 99% removal efficiency for initial dye con-
centrations between 100 and 160 ppm at pH 11. The kinetic findings suggested that the
removal of methylene blue followed the pseudo-second-order model, and the equilibrium
adsorption results were best fitted with the Langmuir isotherm model. The highest removal
amount achieved was 16,863 mg/g, as determined by the Langmuir model. Calcination at
400 ◦C was effectively sufficient to regenerate the adsorbent for further reuse. Even after
three cycles of reusing the adsorbent, the MB removal efficiency of NiMoO4 was still high.
The data proved that α-NiMoO4 could be an effective nanosorbent offering outstanding
performance in removing MB dye even after being recycled.
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Abstract: This study focused on the application of mesoporous silica monoliths for the removal
of organic pollutants. The physico-chemical textural and surface properties of the monoliths were
investigated. The homogeneity of the textural properties along the entire length of the monoliths was
assessed, as well as the reproducibility of the synthesis method. The adsorption properties of the
monoliths for gaseous toluene, as a model of Volatile Organic Compounds (VOCs), were evaluated
and compared to those of a reference meso-structured silica powder (MCM-41) of commercial origin.
Silica monoliths adsorbed comparable amounts of toluene with respect to MCM-41, with better
performances at low pressure. Finally, considering their potential application in water phase, the
adsorption properties of monoliths toward Rhodamine B, selected as a model molecule of water
soluble pollutants, were studied together with their stability in water. After 24 h of contact, the silica
monoliths were able to adsorb up to the 70% of 1.5 × 10−2 mM Rhodamine B in water solution.

Keywords: adsorption; toluene; rhodamine B; water stability of monolith

1. Introduction

In recent years, chemical industries have been focusing on sustainable development
approaches, promoting products and services that offer performance at lower costs, reduc-
ing significantly the environmental impact and improving the quality of life.

In connection to these approaches, mesoporous materials have been synthesized in the
form of powder and extensively studied for various applications (i.e., catalysis, adsorption,
etc.). Nevertheless, on an industrial level, the use of powders for environmental applica-
tions has been severely hindered due to their handling and recycling limitations. Therefore,
in recent years, research has been focusing on developing materials on a macroscopic scale,
aiming at facilitating their handling, recovery and reuse in order to expand the range of
their applications to different fields [1].

To overcome problems related to the use of powders there are two possible options:
(i) use pre-synthesized silica powders to form pellets, or (ii) directly synthesize silica
monoliths. In the first case, it is often necessary to use one or different binders (such
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as methylcellulose) and to press the materials even under heating. This multistep time-
consuming procedure could adversely affect the structure of mesoporous silica, thus
causing performance alteration [2]. In the second case, the formation of silica monolith
can be a convenient way to fully exploit the structural and functional properties of the
material [3] by saving, at the same time, both reactants and time, in that a single-step
synthesis is required.

Several studies have been carried out in the recent literature to obtain monolithic
siliceous structures. Galarneau et al. synthetized macroporous silica monoliths with dis-
ordered mesoporosity, prepared by the spinodal decomposition method [4]. Nakanishi
and coworkers synthesized silica gel monoliths with macro-mesoporous hierarchical struc-
ture via a spontaneous sol–gel process from silicon alkoxide using a structure-directing
agent and a micellar swelling agent [5]. Kohns et al. obtained silica monoliths with sub-
micrometric macropores, introducing urea as an agent to control the size of macropores,
mesopores and skeleton thickness [6]. Fotoohi et al. prepared mesoporous silica monoliths
using a simple one-pot sol–gel synthesis with subsequent atmospheric evaporation [1].
Roucher et al. synthesized self-supported macro-mesoporous SBA-15-Si (HIPE) monoliths
by combining emulsion and cooperative templating mechanisms [7].

Silica monoliths have been used in applications mainly related to the field of chro-
matography for the preparation of columns [8]. However, recent examples report on
their use for the removal of chemical compounds such as fatty acids, phenols, and sterols
from wastewater effluents: in these cases, they are mainly exploited as composite [9] or
biocomposite materials [10] after the inclusion of biomolecules or enzymes. Few examples
of the use of silica monolith also concern the preparation of composite [5] or functionalized
materials for CO2 adsorption [4,11]. Organic-modified silica monoliths are also used for
the sequestration of heavy metals and for the immobilization of enzymes [12,13].

VOCs (Volatile Organic Compounds) are a group of noxious organic compounds
characterized by vapor pressure higher than 0.01 kPa at 293.15 K. The group includes
some of the most common air pollutants released by chemical, petrochemical and allied
industries [14] such as aliphatic, aromatic and chlorinated hydrocarbons, aldehydes, ter-
penes, alcohols, esters and ketones. Due to their toxicity, the removal of these compounds
by means of adsorbent materials [15] is of environmental concern and a relevant issue
for human health. Several recent studies focused on the use of mesoporous ordered sil-
icas, functionalized with organic groups, for the adsorption of VOCs [16]. The toluene
adsorption properties of different porous silicas (i.e., fumed silica, SBA-15 and commercial
MCM-41) have been recently reported by our group [16] and we have shown that the
porous architecture of different silicas have an important effect on the final adsorption
properties. In the same conditions, we also tested the adsorption behaviour of siliceous
zeolites and hypercross-linked polymers [17]. We derived that whereas siliceous zeolite
adsorbs 21 Q% of toluene, HyperCross-linked Polymers (HCPS) with flexible structures are
able to adsorb more than 140 Q% of toluene.

Soluble dyes, such as Rhodamine B, Methylene blue, Congo red, Methyl Orange, etc.,
have been increasingly used for applications in different fields (i.e., food, paper, textiles,
paints, pharmaceuticals, cosmetics, etc.) [18]. Their occurrence in industrial wastewater
is worrying because they are harmful for ecosystems as well as animals and humans [19].
Although there are many treatment methods for removing dyes from aqueous solutions
(e.g., chemical oxidation, photodegradation, membrane filtration), adsorption has been
found to be a high-efficient and low-cost technology [20] and several sorbent materials
such as activated carbons [21], clays [22], zeolites [23], activated alumina [24], etc., have
been tested for this purpose. Among these, ordered mesoporous silicas are promising
candidates due to their high specific surface area, uniform pore size and high pore volume.

For example, Rasalingam et al. showed that mesoporous MCM-48 and MCM-41 are
able to remove, respectively, 87% and 81% of Rhodamine B from an aqueous solution at the
concentration of 10−5 M [25]. They found that, in the used conditions, the MCM-41 sample
(having a specific surface area of 1453 m2·g−1) is able to retain 8.2× 10−4 mol·g−1 of Rhodamine
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B. Others used MCM-41 (specific surface area of 1300.5 m2·g−1) to remove Rhodamine B at
25 ◦C and pH = 4 and in these conditions the solids absorb ca. 9.4 × 10−4 mol·g−1 [26].

In this work, for the first time, mesoporous silica monoliths without any surface
functionalization are proposed for the removal of organic pollutants from water and for
the reduction of volatile organic compounds (VOCs). Model molecules (i.e., Rhodamine
B and toluene, respectively) are used to this purpose. Our aim is to study the adsorption
capacities of a silica-based monolith intended as a possible candidate to overcome limita-
tions related to the use of mesoporous silica in powder form (i.e., handling and recycling
issues). We focused on the optimization of a synthesis procedure for the direct formation,
in a single work phase, of cylindrical mesoporous silica monoliths and to the determina-
tion of their physico-chemical properties by using different experimental techniques. The
spatial textural homogeneity of the synthesized monoliths and the reproducibility of the
synthesis were assessed. Moreover, the monoliths were tested for the removal of toluene,
chosen as a model molecule of aromatic hydrocarbons, from gas phase. A combination of
FT-IR spectroscopy and volumetric analysis was adopted to study the adsorption process
and gain knowledge on the interactions between adsorbent surface and toluene molecule.
Finally, the ability of the same monoliths to remove Rhodamine B from aqueous solution
was also studied by using UV-Visible spectroscopy. Fundamental parameters of the mono-
liths for real water applications (i.e., mechanical and textural stability under operating
conditions) [27] were verified as well.

2. Results and Discussion

2.1. Physico-Chemical Characterization of Silica Monoliths

The morphology of the silica monoliths, named Mono-ICE (see Section 3.1), was stud-
ied by using scanning electron microscopy (SEM). The obtained micrographs of samples
before (A) and after the calcination step (B) to remove the polyethylene oxide template
(PEO, see Section 3.1), are reported in Figure 1.

− − −

−

− −

  
(A) (B) 

μ μ

μ

Figure 1. SEM micrographs (20000×) of Mono-ICE before (A) and after calcination (B).

The Mono-ICE sample after the spinodal phase separation process (Figure 1A) is
characterized by an irregular morphology, where the particle aggregation gives origin to
interconnected macropores with a diameter of 4 µm and a skeleton thickness of 3 µm, on
average, in accordance with what it has been reported in the reference article [4]. After
the formation of the macroporous monoliths in acidic medium at low temperature, the
ammonia treatment at 40 ◦C brings about the rearrangement of the weakly condensed
silica network into denser nanodomains and the formation of larger mesopores, giving
rise to the final hierarchical SBA-15 [4]. After the calcination of the organics (Figure 1B),
the sample morphology appears deeply modified, with a strong reduction of macropore
dimensions to 0.5–1 µm, on average.
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The surface properties of the calcined silica monolith were then monitored by infrared
spectroscopy (Figure S1 from Supplementary Materials). The FT-IR spectrum of Mono-
ICE sample (Figure S1 from Supplementary Materials) is characterized by the presence
of an intense band at 3743 cm−1, due to the O-H stretching mode of isolated silanol
groups present on the silica surface, and a broad band between 3700 and 3200 cm−1

with a maximum at 3521 cm−1 and a shoulder at ca. 3654 cm−1, due to different surface
silanol groups interacting with each other through hydrogen bonds. In the low frequency
region, the spectrum shows three bands at 1983, 1863 and 1637 cm−1, due to overtones and
combination modes of the silica framework [28].

Textural properties of the monoliths were determined by N2 adsorption–desorption
isotherms at 77 K. In order to investigate whether the physico-chemical properties were
homogeneous throughout the entire length of the cylindrical monoliths, several samples
were singly divided into three parts of 1 cm in length each and of a weight of about 50 mg:
the obtained samples were named Mono-ICE-Lateral A, Mono-ICE-Lateral B, Mono-ICE-
Central C, respectively. Nitrogen adsorption and pore size distribution of the samples are
shown in Figure 2A,B, respectively.

−

−

− −

−

  
(A) (B) 

−

− −

−

Figure 2. N2 adsorption and desorption isotherms at 77K (A) and pores size distribution (B) of calcined Mono-ICE-Lateral
A (a), Mono-ICE-Lateral B (b), and Mono-ICE-Central C (c).

Following the IUPAC classification, all the isotherms obtained (Figure 2A) are of
type IVa, thus indicating a multilayer adsorption, which is typical of mesoporous solids.
Hysteresis loops of type H2, due to disordered materials with a distribution of pore size
and shape that is not well-defined, are found. All samples show a monomodal pore size
distribution between 50 and 200 Å with maxima at around 110 Å (Figure 2B). The textural
features of the three samples are similar, and this strongly suggests that the cylindrical
monolith under investigation is structurally homogeneous along the entire length (Table 1).

To assess the reproducibility of the synthesis method, N2 adsorption–desorption isotherms
of monoliths from two different synthesis batches have been determined (Figure S2 from
Supplementary Materials). The monoliths considered have similar textural properties, in
terms of specific surface area and pore volume. In particular, Mono-ICE-1st repetition
and Mono-ICE-2nd repetition have, on average, a surface area of 889 and 810 m2·g−1,
respectively. By averaging the two values, the Mono-ICE monoliths have approximately a
surface area of 850 m2·g−1, with a total pore volume of 1.2 cm3·g−1. Such values are quite
close to those (700 m2·g−1, and pore size of 12 nm) reported by Galarneau et al. for the
monoliths prepared with similar procedure [4].
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2.2. Effect of the Water Treatment

The stability in water of the monolith samples (Mono-ICE-Lateral A, Mono-ICE-Lateral
B and Mono-ICE-Central C) and the possible modifications on the textural properties after
contacting with water were evaluated by N2 physisorption analysis conducted at 77 K.
To speed up the process, the three samples were soaked in warm water (T = 50 ◦C) for
36 h [29]. Samples will be hereafter named Mono-ICE-Lateral A-36h, Mono-ICE-Lateral
B-36h and Mono-ICE-Central C-36h, respectively.

For the sake of brevity, only the results about Mono-ICE-Lateral A sample before and after
the water treatment are shown in Figure 3. Similar results were obtained for Mono-ICE-Lateral
B and Mono-ICE-Lateral C samples (Figure S3 from Supplementary Materials).

 
(A) (B) 

 

−

−

 
− −

Figure 3. N2 adsorption and desorption isotherms at 77 K (A) and pores size distribution (B) of calcined Mono-ICE-Lateral
A (�) and Mono-ICE-Lateral A-36h (•).

The isotherms of the material before and after treatment in water at 50 ◦C show similar
shapes, but at low pressure (P/P0 < 0.1) the N2 adsorption reduced to around 50% after the
treatment in water (Figure 3A) because of the strong reduction in the amount of micropores
(Figure 3B). The textural properties of the soaked material are indeed modified: (i) the
surface area decreases from 909 to 455 m2·g−1 (Table 1); (ii) the pore size increases from 115
to 169 Å (Figure 3B); (iii) the total pore volume slightly decreases from 1.3 to 1.1 cm3·g−1

(Table 1). These changes are probably the effect of the hydrolysis and condensation of those
parts of silica surrounding the micropores and characterized by a small radius of curvature,
leaving a smoother surface inside the pores and enlarging the pore size [30]. Similar effects
were also evidenced for other silica samples [29,31].

Table 1. Specific Surface Area and Total Pore Volume of Calcined Mono-ICE-Lateral A, Mono-ICE-Lateral B and Mono-ICE-
Central C Samples, Before and After 36 h of Water Treatment.

Sample
SSABET

1

(m2·g−1)
VP

2

(cm3·g−1)

(Before) (After) (Before) (After)

Mono-ICE Lateral A 909 455 1.3 1.1

Mono-ICE Central C 906 465 1.3 1.1

Mono-ICE Lateral B 853 553 1.2 1.3
1 Brunauer-Emmet-Teller (BET) specific surface area (SSA); 2 Total pore volume by Barrett, Joyner, and Halenda (BJH) method.
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2.3. Toluene Adsorption from the Gas Phase

Toluene adsorption on silica monoliths was studied from qualitative and quantitative
point of view by using FT-IR spectroscopy and volumetric analysis.

The adsorption has been carried out on the Mono-ICE central sample after calcination.
The IR spectra obtained after the admission of 30 mbar of toluene on the sample and
subsequent gradual decrease of the vapour pressure are reported in Figure 4A.

  
(A) (B) 

 

−

−

π

−

ν
ν ν

Figure 4. (A) FT-IR spectra of calcined Mono-ICE sample after outgassing at RT for 1 h (curve a, green), after dosages of 5,
10, 15, 20 mbar up to 30 mbar of toluene (curve f, orange), and after evacuation of toluene at RT for 30 min (curve g). (B)
Toluene volumetric adsorption (full symbols) and desorption (empty symbols) isotherms of toluene at 35 ◦C on calcined
Mono-ICE (a, �), and MCM 41 (b, •) samples.

The admission of increasing toluene pressure on Mono-ICE silica samples (central part)
(Figure 4A, curves b–f) results in a progressive disappearance of the band at 3745 cm−1, due
to isolated Si-OH species, and into the contemporary formation of a broad band centered
at 3600 cm−1. The progressive disappearance of the band related to isolated silanol species
and to the formation of the band at lower frequencies is likely due to O–H···π interactions
between silica silanols and toluene molecule [16].

Moreover, bands due to vibrations of the aromatic ring and the methyl group of
toluene are also visible at lower wavenumbers. The vibrational modes of toluene adsorbed
on the silica surface are described in Table 2.

Table 2. IR Bands Formed after the Adsorption of Toluene on Mono-ICE.

Frequency (cm−1) Vibration Mode

3085, 3060, 3030 ν C-H aromatic ring

2922, 2871 νs and νas C-H toluene methyl group

1603 Quadrant stretching mode of mono-substituted ring C=C bond

1495 Semicircular stretching vibration mono-substituted aromatic ring

1460, 1377 Out-of-phase and in-phase deformations of methyl group

At higher pressure (above 5 mbar), the adsorption is likely driven by van der Waals in-
teractions between the silica walls and the toluene molecules (host–guest interactions) and
among toluene molecules (guest–guest interactions), as already observed elsewhere [16].

After decreasing the toluene pressure and subsequent evacuation at RT, the toluene
has been fully desorbed: the band due to isolated SiOH species is completely restored,
while the bands of toluene disappear (Figure 4A, curve g).

To gain information on the toluene uptake by the silica monolith, volumetric adsorp-
tion measurements at 35 ◦C were performed (Figure 4B). The isotherm of Mono-ICE sample
(curve a) presents a complex shape where three regimes of adsorption are visible. In the
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adsorption branch, three different plateau are visible between: 5 and 10, 20 and 25, 30 and
35 mbar (with a toluene uptake of ca. 25, 40 and 50%, respectively). This interpretation is
confirmed by the almost disappearing signal of the isolated silanol groups at 3745 cm−1

in the IR spectrum of Mono-ICE with toluene at 10 mbar (Figure 4A). On increasing the
toluene pressure three adsorption steps are found, with a final toluene uptake of 85 Q%, or
1.00 cm3·g−1 of liquid toluene. The desorption isotherm forms three shallow hysteresis
loops in the ranges 10–25, 25–35 and 35–40 mbar are due to a capillary condensation of the
toluene molecules inside the pores. This complex behavior could be associated with the
filling of the heterogeneous porosity of Mono-ICE sample. Although the calcined monolith
showed a monomodal pore size distribution, pores with diameters ranging from 50 to
200 Å are visible, as described before (vide Figure 2).

The maximum toluene uptake is 85 Q% at 41 mbar, where

Q% =
m adsorbed toluene (mg)

100 mg o f sample
(1)

The volumetric adsorption of toluene on silica monoliths has been compared to that
of the reference mesoporous silica MCM-41 in the form of powder (Figure 4B, curve b) and
already discussed in our recent publication [16]. For the sake of clarity, textural data of
this sample are reported as supporting information (Table S1). Similarly to the Mono-ICE
sample, the volumetric isotherm of toluene adsorbed on MCM-41 (Figure 4B, curve b)
present three regimes of adsorption, however, only two hysteresis loops in the range
9–25 and 25–40 mbar, due to the toluene capillary condensation inside the pores, can be
distinguished. The curve appears rapid until 9 mbar, and then the slope increases up to ca.
15 mbar, when the adsorption curve gradually tends to a first plateau at ca. 25 mbar with
an uptake of ca. 59 Q%, which is associated with the filling of the fraction of mesopores
with diameter lower than 40 Å (see pore size distribution, Figure S3B from Supplementary
Materials). At pressures higher than 25 mbar, the slope increases again and progressively
until 45 mbar, where the overall toluene uptake is ca. 78 Q%: the filling of the fraction of
mesopores with dimensions from 40 to 80 Å likely occurs at this pressure.

It is here worth noticing that the overall toluene uptake for the two samples is similar,
reaching 80–85 Q%, however the monolith adsorbs more at low pressure (<10 mbar).
This effect should be correlated to the presence of micropores and narrow mesopores
(ca. 20–30 Å) in Mono-ICE.

2.4. Rhodamine B Adsorption

The adsorption capacity of 1.5 × 10−2 mM Rhodamine B by the monoliths was studied
by UV-Vis spectroscopy, at room temperature. In particular, the characteristic absorption
band at 553 nm of Rhodamine B, due to the π→π* transition of the chromophore unit [32],
was observed after contact with the monolith (Figure 5) at increasing times (1 to 24 h).

Figure S6 from Supplementary Materials shows the adsorbed amount of Rhodamine
B as a function of concentration of Rhodamine B solution over time.

Rhodamine B is a weak acid (pKa 4.2) with good solubility (34 g·L−1) in water. Its
organic part is a cation in which the positive charge is shared by the two N atoms. At
pH values larger than 4.2, the carboxylic group is predominantly deprotonated and the
prevalent form of Rhodamine B is a Zwitterion (Figure S7 from Supplementary Materials).
As reported in the literature, Rhodamine B molecules adsorb on the mesoporous silica
materials through electrostatic, hydrogen, nonpolar and n–π bonding interaction. The
effective adsorption sites on the silica surface are composed mainly of OH and/or oxygen
bridges. At a pH between 5 and 6, Zeta potential of silica was negative, and the surfaces
of the adsorbent was negatively charged. The positive moieties in the Rhodamine B
zwitterion are attracted onto the surface silanolate groups present in silica materials through
electrostatic forces. In addition, the residual surface hydroxyls of the mesoporous materials
may also form H-bonds with the COO− group present in the Rhodamine B zwitterion [25].
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Figure 5. UV-Vis spectra, showing the intensity decrease of the maximum characteristic peak at
553 nm of 1.5 × 10−2 mM Rhodamine B in water solution (a), after 1 (b), 2 (c), 3 (d), 4 (e), 5 (f), 6 (g)
and 24 (h) hours of contact with the calcined Mono-ICE, at room temperature.

It is reasonable to think that the Mono-ICE monolith, being entirely composed of silica,
having a pH of 5.5 and a Zeta potential of −24 mV, behaves exactly in the same way.

Figure 6 shows the relative concentration of the Rhodamine B in aqueous solution after
contact with Mono-ICE sample at room temperature, before and after it has undergone
water treatment, over the time. The measurements have been replicated three times and
average values and relative standard deviations are reported in the figure.
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Figure 6. Concentration (%) decrease over time of 1.5 × 10−2 mM Rhodamine B water solution in
the presence of calcined Mono-ICE before (�) and after water treatment (•). Error bars represent
standard deviations calculated on averaging results collected from three replicated experiments.

The concentration of the Rhodamine B solution decreases over time: 70% of the dye is
removed from the solution after 24 h of contact with Mono-ICE before the water treatment
(Figure 6, black squares).

The adsorption of Rhodamine B on calcined silica monoliths was compared with that
on MCM-41 silica powder, before and after water treatment (Figure S5 from Supplementary
Materials). MCM-41 powder (before water treatment) absorbs 58% of Rhodamine B after
the first hour of contact, and 92% after 24 h. Rhodamine B adsorbs more rapidly in
MCM-41, compared to the Mono-ICE monolith, probably because it is a powder; in the
Mono-ICE monolith Rhodamine B has to diffuse in the macropore system before it may
reach the mesopores.

150



Molecules 2021, 26, 1316

After 24 h of contact with Mono-ICE after the water treatment (Figure 6, black circles),
the adsorbed amount of Rhodamine B solution decreased by 50%, due to the modification
of textural properties (i.e., surface area decrease, the pore size increase, total pore volume
decrease) already described (Figure S4B from Supplementary Materials and Table S1).

Similar changes of textural properties are reported for the MCM-41 powder after
treatment in water at 50 ◦C for 36 h (Figure S4 from Supplementary Materials).

MCM-41 silica powder has better performance than the monolith due to the faster
diffusion of the pollutant in the pores and having a larger specific surface area; however, the
monolith shows excellent adsorption properties and, above all, since it is not synthesized
in the form of powder, it is more usable from a technological point of view. As reported
in the work of Rasalingam et al. the adsorption capacity of Rhodamine B on MCM-41
silica synthesized by them (having an SSA of 1453 m2·g−1) is 8.2 × 10−4 mol·g−1 [25]. The
Mono-ICE monolith has an adsorption capacity of 1.07 × 10−6 mol·g−1. Moreover, unlike
MCM-41 silica which is not stable in water, the monolith possesses perfect stability.

MCM-41 is adsorbing more Rhodamine B than Mono-ICE basically for two reasons:
(i) the SSA of MCM-41 is larger; (ii) the reduced radius of curvature of the MCM-41 pores
favours a stronger interaction with Rhodamine B. In addition, since MCM-41 has a larger
tendency to dissolve in water than Mono-ICE because of its thinner walls [16,30], MCM-41
may develop a larger amount of silanol groups per unit surface.

Owing to its instability in water, together with the difficult handing of the powder,
the advantages in the use of the MonoICE monolith become evident.

3. Materials and Methods

3.1. Materials

Silica monoliths were obtained by adapting the procedure described by
Galarneau et al. [4]. In detail, a mixture of nitric acid (2.31 g, HNO3 68 % w/w, Sigma-
Aldrich 7697372, M.W. = 63.01 g·mol−1), polyethylene oxide-PEO (2.5 g, Sigma-Aldrich
25322683, M.W. > 20 kDa) and deionized water (24.5 g) was prepared and refrigerated at
−19 ◦C for 1 h. Then, tetraethylorthosilicate-TEOS (20 g, Si(OC2H5)4, Sigma-Aldrich 131903,
M.W. = 208.33 g·mol−1), previously cooled at −19 ◦C for 1 h, was added to the mixture (molar
ratios of the optimized final composition: 1 Si/0.60 PEO/0.26 HNO3/14.21 H2O).

Polyvinylchloride tubes (five of 8 mm in diameter and seven of 6 mm in diameter and
10 cm length) were then filled with the mixture and closed with a cap, paying particular
attention to keep everything cold throughout the whole process by means of an ice bath.
Following, the filled tubes were put in a vertical position, held in place by an appropriate
support, in a 4 L water bath at 40 ◦C for 3 days.

The formed monoliths were then removed from the tubes and placed in a water bath
at room temperature (RT). The water bath was regenerated every 30 min until neutral pH.
The monoliths were then immersed in 1 L of 0.1 M ammonia aqueous solution (NH4OH,
Sigma-Aldrich 7664417, M.W. = 17.03 g·mol−1) in a Teflon bottle, and placed in an oven at
40 ◦C for 1 day, to catalyze the Ostwald ripening of the weakly condensed silica. Finally,
the monoliths were recovered, further washed in a water bath until pH neutrality, dried at
RT for 4 days and then calcined in O2 flow at 550 ◦C for 6 h to remove the PEO still present.
The obtained silica monoliths were named Mono-ICE (Figure 7).

A monolith was divided into 3 parts of 1 cm in length each, and weighed about
50 mg: 48.9 mg for Mono-ICE-Lateral A, 50.4 mg for Mono-ICE-Lateral B and 55.5 mg for
Mono-ICE-Central C.
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Figure 7. Mono-ICE samples.

3.2. Stability in Water Treatments

Considering that silica monoliths are soaked in water during their usage as pollutants
removers from aqueous phase, the stability in water is as an important characteristic that
the adsorbent must have.

To study the stability in water of silica monoliths (and the reference MCM41 silica
powder), the solids (50 mg) were dispersed in 5 mL of water and the dispersion was heated
at 50 ◦C for 36 h to speed possible degradation processes. Samples were then recovered
and dried at 60 ◦C for 24 h.

3.3. Characterization Techniques

3.3.1. Scanning Electron Microscopy (SEM)

SEM images were acquired on a Quanta 200 scanning electron microscope (FEI, Eind-
hoven, The Netherlands) equipped with tungsten filament as electron source. Before the
analysis, a conductive coating of gold was deposited on the monoliths by low-pressure
plasma to avoid that insulating particles are electronically charged under the electron beam.

3.3.2. Infrared Spectra

Infrared spectra were collected by using a Thermo Electron Corporation (Whaltham,
MA, USA) FT Nicolet 5700 spectrometer with 4 cm−1 resolution. Self-supporting pellets of
Mono-ICE samples were obtained by grinding a piece of silica monolith and compressing
the obtained powder with a mechanical press at ca. 7 tons·cm−2. To perform the analysis,
the obtained pellets were placed into an IR cell equipped with KBr windows permanently
attached to a vacuum line (residual pressure ≤ 1 × 10−3 mbar), allowing all treatments
(and toluene adsorption/desorption experiments) to be carried out in situ. All the spectra
were collected at beam temperature (ca. 35 ◦C) on samples previously dehydrated at RT
for 30 min to completely remove the adsorbed water.

3.3.3. Nitrogen Adsorption Measurements

Nitrogen Adsorption Measurements were conducted at AlfatestLAB S.R.L (Cinisello
Balsamo, Italy). Experiments were performed at 77 K in the pressure range between 0.01
and 1 P/P0 of relative pressure using a 3Flex instrument (Micromeritics, Norcross, GA,
USA). Prior to adsorption, the samples were outgassed and thermally treated as follows: 3 h
at RT, 30 min at 50 ◦C, 30 min at 80 ◦C, 2 h at 110 ◦C and 3 h at 220 ◦C. The specific surface
area of the samples was determined by the Brunauer−Emmett−Teller (BET) multipoint
method in the range between 0.05 and 0.25 P/P0. The pore size distribution was also
calculated by applying the BJH (Barrett, Joyner, and Halenda) method on the adsorption
branch (Thickness Curve: Halsey, Correction: Standard).
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3.4. Toluene Adsorption

Volumetric Analysis. Toluene adsorption isotherms by gas phase were obtained at
35 ◦C by volumetric analysis of vapor sorption employing an Autosorb-iQ instrument
(Quantachrome Instruments, Boynton Beach, FL, USA). Prior to adsorption, the samples
were outgassed (final pressure 7 × 10−4 mbar) and thermally treated as follows: 30 min at
50 ◦C, 30 min at 80 ◦C, 2 h at 120 ◦C, 2 h at 150 ◦C and, finally, 12 h at 220 ◦C in order to
remove completely adsorbed water.

3.5. Rhodamine B Adsorption

The Rhodamine B adsorption experiments were conducted by using a Lambda
900 UV-Visible spectrometer (Perkin Elmer, Waltham, MA, USA). Rhodamine B (CAS
Number: 81-88-9, IUPAC name: [9-(2-carboxy phenyl)-6-diethylamino-3-xanthenylidene]-
diethylammonium chloride, was purchased from Sigma Aldrich, St. Louis, MO, USA,
(Analytical Standard). Before the experiment, a calibration line was obtained from five
Rhodamine B standard solutions (2 × 10−2, 5 × 10−3, 2.5 × 10−3, 1.25 × 10−3, and
6 × 10−4 mM), resulting in the equation A = 85.702 × C, with R2 = 0.99995.

For the contact tests, 317 mg of sample was placed in a sealable glass vial with 63.4 mL
of Rhodamine B solution 1.46 × 10−2 mM (pH = 5.5). The bottles have been subsequently
sealed with teflon-lined caps and placed on a mechanical stirrer (300 rpm) at RT. At different
interval times (i.e., 1, 2, 3, 4, 5, 6, 24 h), an aliquot of each solution (ca. 1 mL) was then
withdrawn and directly analyzed. Each experiment was repeated 3 times, every time using
a fresh monolith.

Z potential of the monolith at the pH value of the Rhodamine B solution (pH = 5.5)
was −24.6 mV.

4. Conclusions

In this work a synthesis procedure of mesoporous silica monoliths suitable for being
used as adsorbents of organic pollutants in water (Rhodamine B), or in the gaseous phase
(toluene, as a model of VOCs), was adopted.

Textural properties were found to be homogeneous over the entire length of the
monolith, which has an average surface area of ca. 850 m2·g−1 and a total pore volume
of 1.2 cm3·g−1. After a water treatment (36 h at 50 ◦C), the specific surface area remained
approximately 500 m2·g−1, and the total pore volume 1.1 cm3·g−1.

From a comparison between Mono-ICE and MCM-41 silica powder, it was found that
both samples adsorb comparable amounts of toluene, and that the silica monolith performs
better at low pressure (<10 mbar).

Monoliths before and after the water treatment were tested as adsorbents for Rodamine
B in aqueous solution. Although the water treatment reduced the specific surface area, the
treated material was still able to adsorb 50% of the Rhodamine B with respect to 70% of the
control sample.

The silica monolith prepared in this study shows slightly worse performances in the
adsorption of Rhodamine B when compared to the silica MCM-41 powder, however it
displays several advantages including greater ease in handling and recovering.

Supplementary Materials: The following are available online: Figure S1. FT-IR spectra of self-
supported pellets of Mono-ICE calcined sample after treatment in vacuum at beam temperature
(b.t.) for 30 min; Figure S2. Comparison between the first repetition (Frame A) and the second
repetition (Frame B) of N2 adsorption and desorption isotherms of Mono-ICE-A (a), Mono-ICE-B
(b) and Mono-ICE-C (c); Figure S3. N2 adsorption and desorption isotherms (Frame A) and pore
size distribution (Frame B) of Mono-ICE-A-36h (a), Mono-ICE-B-36h (b) and Mono-ICE-C-36h (c).
Figure S4. N2 adsorption and desorption isotherms (Frame A) and pores size distribution (Frame
B) of MCM-41 -before and after water treatment at 50 ◦C for 36 h; Figure S5. Concentration (%)
decrease over time of 1.5 × 10−2 mM Rhodamine Rhodamine B in water solution in the presence of
commercial MCM-41 powder. Table S1. Main textural features of MCM-41 silica.
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Abstract: Consumption of drinking water with a high concentration of fluoride (>1.5 mg/L) causes
detrimental health problems and is a challenging issue in various regions around the globe. In this
study, a continuous fixed-bed column adsorption system was employed for defluoridation of water
using volcanic rocks, virgin pumice (VPum) and virgin scoria (VSco), as adsorbents. The XRD, SEM,
FTIR, BET, XRF, ICP-OES, and pH Point of Zero Charges (pHPZC) analysis were performed for both
adsorbents to elucidate the adsorption mechanisms and the suitability for fluoride removal. The
effects of particle size of adsorbents, solution pH, and flow rate on the adsorption performance
of the column were assessed at room temperature, constant initial concentration, and bed depth.
The maximum removal capacity of 110 mg/kg for VPum and 22 mg/kg for VSco were achieved at
particle sizes of 0.075–0.425 mm and <0.075 mm, respectively, at a low solution pH (2.00) and flow
rate (1.25 mL/min). The fluoride breakthrough occurred late and the treated water volume was
higher at a low pH and flow rate for both adsorbents. The Thomas and Adams–Bohart models were
utilized and fitted well with the experimental kinetic data and the entire breakthrough curves for
both adsorbents. Overall, the results revealed that the developed column is effective in handling
water containing excess fluoride. Additional testing of the adsorbents including regeneration options
is, however, required to confirm that the defluoridation of groundwater employing volcanic rocks is
a safe and sustainable method.

Keywords: adsorption; breakthrough curve; defluoridation; up-flow mode; volcanic rocks

1. Introduction

Credible evidence from scientific literature substantiates both beneficial and detrimen-
tal effects of fluoride on human health with only a narrow range between intake associated
with these effects [1,2]. Consumptions of fluoride in low concentrations (<1.0 mg/L) is
an essential micronutrient for the healthy development of bone and dental enamel [3];
however, it leads to the development of fluorosis if it is consumed beyond the permissible
limit (>1.5 mg/L) [4].

In many parts of the world, groundwater sources are the single largest supply of
drinking water. For many rift communities, it may be the only economically viable option
for drinking water. In the Ethiopian rift valley, about 40% of deep and shallow wells are
contaminated with up to 26 mg/L of fluoride [5,6]. The weathering of primary rocks
and leaching of fluoride-containing minerals in soils yield fluoride-rich groundwater in
the Ethiopian Rift, which is generally associated with a low calcium content and high
bicarbonate concentrations [7,8].
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Globally, more than 200 million people, including Ethiopia, rely on groundwater
with a fluoride concentration above the permissible level [3,4,9]. According to the Central
Statistical Agency of Ethiopia report [10], 3.8% of the population is affected by high-level
fluoride concentrations (>1.5 mg/L) in groundwater, which is used for drinking purposes.
In general, fluorosis turns out to be the most widespread geochemical-based disease in the
East African rift, affecting more than 80 million people [11–14]. Thus, due to the health
effect of high fluoride in groundwater, it is essential to reduce excess fluoride concentrations
to the allowable limit (<1.5 mg/L).

So far, various technologies such as coagulation/precipitation, electro-coagulation,
membrane separations, ion exchange, and adsorption had been attempted for efficient
defluoridation of groundwater [15–18]. Some of the shortfalls of these techniques include
expensiveness, fouling issues, regular maintenance, and complicated operational proce-
dures. In comparison to the techniques mentioned above, the adsorption methodology is
still one of the most widely applied methods, taking the lead of high removal efficiency,
cost-effectiveness, ease of operation, simplicity of design, and availability of large varieties
of adsorbents [19,20].

Various adsorbents have been investigated and reported for the removal of excess
fluoride from water in an effective manner. Some of the widely employed adsorbents are La
(III)-Al (III)-activated carbon modified by chemical route [21], biomaterial functionalized
cerium nanocomposite [22], Quaternized Palm Kernel Shell (QPKS) [23], bone char and
activated alumina [24], bone char [25], renewable biowaste [26], MgFe2O4–chitosan–CaAl
nanohybrid [27], carbon nanotube composite [15], Neem Oil-Phenolic Resin Treated Bio-
sorbent [17], etc. However, many of these suffer from either time-consuming synthesis
procedure, high processing costs, availability of raw materials, or short lifespan, which
makes them impractical to be applied in the rift valleys that are essentially impacted by
high fluoride concentration in water [1]. Consequently, efforts have been made to obtain
easily accessible and long-lasting, low-cost, and efficient adsorbents that may be applied
for the purification of water in low-income countries such as Ethiopia.

In recent years, volcanic rocks (VPum and VSco) have received significant interest
for pollutant removal due to their valuable properties such as high surface area, low-cost,
easy accessibility, good mechanical resistance, and availability in large quantities [28]. The
source of these rocks is volcanic magma that formed during volcanic eruptions. Pumice
(VPum) is a finely porous rock frothy with air bubbles; Scoria (VSco) is a rough rock that
seems like furnace slag [28]. VPum is often formed from rhyolite magma [28], it can also
develop from trachytic or dacitic magma. Due to its high porosity and low specific gravity,
it has been used for water and wastewater treatment processes [29]. VSco is a vesicular
pyroclastic rock with basaltic compositions, reddish-brown to black, denser than VPum,
somewhat porous with high surface area and strength. Both volcanic rocks are found in
abundance in Europe (Italy, etc.), Central America, Southeast Asia (Indonesia, etc.), and
East Africa (Ethiopia, Eritrea, etc.) [28,29]. Although several studies have been conducted
on the application of volcanic rocks for pollutants-laden wastewaters [28–31], very little
research has been directed to the defluoridation of groundwater using volcanic rocks.

Previously, defluoridation research has been conducted on batch experiments using
natural adsorbents [6,32]. The sorption capacity of adsorbents gained from batch equi-
librium is valuable in giving basic information about the effectiveness of the adsorbents.
Nevertheless, the data obtained from batch studies may not be appropriate for contin-
uous processes where the contact time for the achievement of an equilibrium might be
insufficient [33]. Consequently, studies by different authors [34–36] reveal that contin-
uous processes mode (fixed-bed column set-up) yields reliable information about the
breakthrough time, appropriate adsorption conditions, and the stability of the adsorption
performance which can then be used to evaluate the potential of prepared adsorbents for
industrial applications [1]. Therefore, there is an interest to conduct adsorption studies in a
flow-through system.
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The primary objectives of the current work were to (i) investigate the fluoride sorption
capacity of VPum and VSco in fixed-bed column set-up, (ii) compare the adsorption prop-
erties of both adsorbents with each other, (iii) assess the fluoride adsorption mechanisms
with respect to varying solution pH, adsorbent particle size, and flow rate, (iv) deeper ana-
lyze the adsorption processes employing mathematical models such as the Adams–Bohart
and Thomas model, and (v) finally verify the suitability of the models for the design of
flow-through systems for the removal of fluoride from aqueous solutions.

2. Results and Discussions

2.1. Characterization of Adsorbents

2.1.1. Crystalline Structures and Material Properties and Experimental Conditions

The crystalline phases of VPum and VSco were characterized using the X-ray diffrac-
tion (XRD) instrumental technique. The mineralogical composition of the adsorbents was
characterized by matching the X-ray diffractogram (Figure 1a (VPum), b (VSco)) with
the database of the X’pert HighScore Plus software package (Version: 2.2b (2.2.2)). The
results showed that the main crystalline phases in VSco were Silicon Oxide (SiO2), Albite
low (Na(AlSi3O8)), whereas Hematite (Fe2O3) and Silicon Oxide (SiO2) and Albite high
(Na(AlSi3O8)) are the dominant components of VPum. The presence of crystalline phases
in VPum samples can be ascribed to the peaks at 2θ = 24.9◦, 27.6◦, 27.7◦, 37.7◦, 41.9◦, 58.0◦,
64.9◦and 65.0◦, while that of VSco sample appeared at 2θ = 22.2◦, 23.9◦, 23.9◦, 23.9◦, 28.2◦,
30.0◦, 33.9◦, and 35.8◦. The detected dome in both samples between 2θ = 10◦ and 40◦ is
an indication of amorphous material. The amorphous phase(s) present in the adsorbents
was estimated by the calibration method. This method makes use of the integrated counts
associated with the amorphous and crystalline fraction (Equation (1)) [37].

Cm(%) =

[

Cpa

Apa + Cpa

]

× 100 (1)

where Cm is the measured crystallinity, Cpa and Apa are the integrated peak areas for the
crystalline and amorphous components, respectively. The results revealed that the presence
of the amorphous phase (s) in VPum and VSco is 89% and 68%, respectively.

Figure 1. XRD patterns for (a) virgin pumice (VPum) and (b) virgin scoria (VSco).

The greater fraction of amorphous phase(s) in VPum compared with VSco possibly
origins from simultaneous rapid cooling and depressurization of high-temperature volcano
lava. The depressurization produces bubbles by lowering the boiling point of the lava. The
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simultaneous cooling then freezes the bubbles in the matrix of VPum. Due to rapid cooling,
crystals do not have enough time to grow. A similar observation has been reported from
the XRD analysis of pumice in previous studies [38,39].

Additionally, the results of material properties and experimental conditions were
summarized in Table 1 as shown below.

Table 1. Material properties and experimental conditions.

Parameters Virgin Scoria (VSco) Virgin Pumice (VPum)

Particle Size (mm) <0.075
0.075–
0.425

0.425–2.00 <0.075
0.075–
0.425

0.425–2.00

Mass of adsorbents, mads (gm) 737.90 763.90 680.50 376.40 265.90 186.40
Bulk density, ρb (gm cm−3) 1.43 1.48 1.32 0.73 0.52 0.36

Particle density, ρs (gm cm−3) 2.37 2.33 1.94 1.61 1.31 0.64
Void volume, Vv (cm3) 203.70 187.20 164.70 281.10 311.80 222.30

Total porosity, ε 0.40 0.36 0.32 0.55 0.61 0.43
Flow rate, Q (cm3 min−1) 1.25 2.50 3.75 1.25 2.50 3.75

Empty Bed Contact Time, EBCT (min) 412.00 206.00 137.33 412.00 206.00 137.33
Filter (Superficial) velocity, Vf (cm min−1) 0.02 0.05 0.07 0.02 0.05 0.07

Effective (Interstitial) velocity, VI (cm min−1) 0.06 0.13 0.23 0.05 0.08 0.17

2.1.2. Chemical Composition

The chemical analysis revealed that the major elements in VPum and VSco, as de-
termined by ICP-OES (Table S1), are Si, Al, and Fe. Other elements were present in
comparatively smaller quantities or below the detection limit of the instrument. In our
previous study [28], the XRF measurement (Table S1) indicated that the oxides of Si, Fe,
and Al were the major constituents of both VPum and VSco.

However, the chemical composition of the adsorbents might changes in time due
to weathering processes. Consequently, representative samples have to be checked for
possible changes induced due to weathering.

2.1.3. Fourier Transform Infrared (FTIR) Analysis

The FTIR spectrums of VPum (Figure 2a) and VSco (Figure 2b) at wavelengths ranging
from 4000 to 400 cm−1 are shown in Figure 2. Due to the symmetric stretching vibration of
Si-O-Si, the absorption band at ∼1045.75 cm−1 can be assigned to the characteristic peak of
(SiO4)2− groups in the FTIR spectrum of VPum [39], whereas the band located at ∼1011.5 in
the FTIR spectrum of VSco can be belongs to the asymmetric stretching vibration of T-O-Si,
T = Si or Al [40]. In the FTIR spectrum of VPum, the peaks at ∼781 and ∼695.25 belong to
bending vibrations of Si-O-Si bond [38], whereas the band shown in the FTIR spectrum
of VSco at ∼759 is related to the stretching vibration of 6-fold coordinated Al(VI)-OH
and 6-fold coordinated Al(VI)-O [41]. The small peaks shown in the FTIR spectrum of
VSco at ∼572 and ∼539.25 can be attributed to the symmetric stretching of Si-O-Si and
Al-O-Si [40,42], whereas the small band at ∼465 belongs to bending vibrations of Si-O-Si
and O-Si-O [42]. Certain peaks like the broadening peak at ∼3602.5 cm−1 in the FTIR
spectrum of VPum and sharper peak at ∼2369.75 cm−1 in the FTIR spectrum of VSco
belongs to the asymmetric stretching vibration of -OH bond can be allocated to adsorbed
water molecules, whereas the peak at ∼1645.75 cm−1 in VPum can be allocated to the
bending vibration of H-O-H bond [38,39,42]. The most characteristic difference observed
between the FTIR spectrum of VPum and FTIR spectra of VSco concerning the band
attributed to the asymmetric stretching vibration of -OH bond. This band that is appeared
as a broad band at about ∼3602.5 cm−1 in the FTIR spectrum of VPum becomes sharper
and shifts to lower frequencies (∼2369.75 cm−1) in the FTIR spectrum of VSco indicating
that there is a high water content in VPum and could be correlated with less mechanical
strength than VSco. Similar observations have been reported for a different system [42].
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Figure 2. Fourier-transform infrared (FTIR) for (a) VPum and (b) VSco.

2.1.4. Scanning Electron Microscope (SEM) Analysis

The VPum (Figure 3a) and VSco (Figure 3b) SEM micrographs allowed direct obser-
vation of the surface morphology of the adsorbents with a magnification of ×100. The
structure of VPum showed that the surface of VPum had an interconnected porous sur-
face [38,43], while VSco had an irregular shape and fibrous cavities (or pores). In addition,
it may be said that these pores in VSco were either closed or in open forms (pores) [44]. As
seen from the micrographs of the adsorbents, VPum had an interconnected inner porous
surface (as indicated in Figure 3a, red-colored), while VSco (Figure 3b) is dominated by the
dead-end pores. Consequently, the interconnected internal pore structure in VPum allows
for better fluoride accessibility and, hence, better adsorption capacity than VSco.

Figure 3. SEM micrographs for (a) VPum and (b) VSco.

2.1.5. pH and Point of Zero Charges (pHPZC)

The pH of the rock samples in water was found to be 6.65 and 7.20 for VPum and
VSco, respectively. The point of zero charges (pHPZC) of the adsorbents was identified
as 6.85 for VPum and 6.98 for VSco at the intersection of the graph of the initial pH vs.
the final pH (Figure 4). The slight difference observed in the adsorbents pHpzc is related
to their different characteristics. As can be seen from Table S1, the two volcanic rocks

161



Molecules 2021, 26, 977

(VPum and VSco) have different chemical compositions, which also influence the surface
charge of the adsorbents. This is in agreement with previous studies [30,45], showing
the effect of chemical composition on the zeta-potential of different materials. Below
these values (pH < 6.85 for VPum and <6.98 for VSco), the surface of the adsorbents is
positively charged. Thus, if the pH < pHPZC, fluoride could possibly be adsorbed onto
the surface of the adsorbents by coulombic attraction [6,46,47]. In addition, the curve for
the blank experiment (for blank electrolyte solution 0.01 M NaCl) of both adsorbents is
shown in Figure 4. As seen from the blank curve (Figure 4), a pH change without adding
the adsorbents was obtained, which confirmed the sorbent dosing is not the only factor to
fluctuate the pH of the solution.

Figure 4. Determination of pH point of zero charges (pHPzC) for (a) VPum and (b) VSco.

2.2. Effect of Adsorbents Particle Size

The effect of the particles size on the breakthrough behavior of fluoride was inves-
tigated for both VSco and VPum with grain size classes of silt to medium sand (<0.075,
0.075–0.425, 0.425–2.00 mm), while maintaining the same initial fluoride concentration
(10 mg/L), bed depth (10cm), initial flow rate (1.25 mL/min), as well as solution pH (2.00)
(Figure 5a (VPum), b (VSco)). As seen from Figure 5a (VPum) and b (VSco), on reducing
the particle size from medium (0.425–2.00 mm) to silt (<0.075 mm) the breakthrough and
exhaustion time noticeably increased for VSco, while the breakthrough and exhaustion time
was high for VPum at a fine particle size (0.075–0.425 mm). The resulting breakthrough
and removal of fluoride parameters are tabulated in Table 2. As can also be seen from
Table 2, the amount of total adsorbed fluoride (qtot) and the uptake of fluoride was high at
silt (<0.075 mm) and fine (0.075–0425 mm) particle size for VSco and VPum, respectively.
The smaller particle sizes provide large surface areas and/or sorption sites are more read-
ily available. The results showed that the reduction of particle size of an adsorbent is a
significant controlling factor in the fluoride–VSco system (at a particle size of <0.075 mm
the fluoride uptake was high). A similar effect was observed for VPum (at a particle size of
0.075–0.425 mm the fluoride sorption capacity was high). However, the effect of particle
size on the adsorption capacity is more pronounced for VSco than VPum. That means the
pore spaces are more readily available in VPum as compared to VSco, showing that the
pore space of VPum is a continuum (skeletal structure) while the pore space of VSco is
dominated by dead-end pores. This infers VPum loses its internal porosity at the smallest
particle size (<0.075 mm) since the continuum pore space (skeletal structure) is damaged
when compared to the fine particle size (0.075–0425 mm) and resulting in smaller internal
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pore surface areas; consequently, the removal capacity of the adsorbent decreased. On the
other hand, the pore space is not readily available in VSco (i.e., the internal pore space of
VSco is dominated by dead-end pores). VSco at the smallest particle size (<0.075 mm) is,
therefore, expected to have a large surface area, which leads to higher removal capacity
compared to the fine particle size (0.075–0425 mm). A similar observation was reported
for both adsorbents based on a batch adsorption experiment [28], and a similar remark
was also drawn for pumice in the previous study [38]. Moreover, the BET specific surface
area (SBET) of the adsorbents was determined. As expected, VPum (3.50 m2/g) has a
larger surface area than VSco (2.49 m2/g). Thus, all experiments other than the effect of
particle sizes were conducted at a particle size of <0.075 mm for VSco and 0.075–0.425 mm
for VPum.

Figure 5. Effect of particle sizes on the breakthrough behavior of fluoride in (a) VPum and (b) VSco at (pH 2.00; influent
fluoride concentration 10 mg/L (CO: 10 mg/L); flow rate 1.25 mL/min (QO: 1.25 mL/min; bed depth 10 cm).

Table 2. Fixed-bed column parameters obtained for fluoride adsorption onto VPum and VSco.

VPum.
H

(cm)
CO

(mg/L)
QO

(mL/min)
pH

Particles size
(Psize) (mm)

tb

(min)
te

(min)
Vb

(mL)
Ve (mL)

MTZ
(cm)

EBCT
(min)

qtot

(mg)
qe

(mg/kg)

10 10 1.25 2.00 <0.075 816 1623 1019.64 2033.41 4.99 412 20.28 59.6
10 10 1.25 2.00 0.075–0.425 1206 2339 1507.50 2923.70 4.84 412 29.24 109.9
10 10 1.25 2.00 0.425–2.00 235 1013 293.23 1265.89 7.68 412 12.67 67.9
10 10 1.25 4.00 0.075–0.425 278 500 347.50 625 4.44 412 6.25 23.51
10 10 1.25 6.00 0.075–0.425 135 315 168.75 393.75 5.71 412 3.94 14.81
10 10 2.50 2.00 0.075–0.425 215 634 538.47 1585.16 6.60 206 7.93 29.8
10 10 3.75 2.00 0.075–0.425 75 359 282.69 1346.42 7.90 137 4.49 16.89

VSco
H

(cm)
CO

(mg/L)
QO

(mL/min)
pH

Particles size
(Psize) (mm)

tb

(min)
te

(min)
Vb

(mL)
Ve (mL)

MTZ
(cm)

EBCT
(min)

qtot

(mg)
qe

(mg/kg)

10 10 1.25 2.00 <0.075 415 1286 518.03 1607.60 6.77 412 16.08 22
10 10 1.25 2.00 0.075–0.425 199 760 248.99 849.80 7.38 412 9.50 12.4
10 10 1.25 2.00 0.425–2.00 231 591 288.17 739.12 6.10 412 7.39 10.9
10 10 1.25 4.00 <0.075 296 487 370 608.75 3.92 412 6.09 8.2
10 10 1.25 6.00 <0.075 227 393 283.75 491.25 4.22 412 4.91 6.7
10 10 2.50 2.00 <0.075 185 445 462.95 1113.19 5.84 206 5.57 7.5
10 10 3.75 2.00 <0.075 69 249 256.82 931.87 7.24 137 3.10 4.2

tb = breakthrough time, te = exhaustion time, Vb = total effluent volume at breakthrough time, Ve = total effluent volume at exhaustion time
MTZ = Mass Transfer Zone, EBCT = Empty Bed Contact Time, qtotal = total amount of fluoride adsorbed from the column, qe = equilibrium
fluoride uptake per kg of adsorbent.
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2.3. Effect of Influent pH

The influent solution’s pH can noticeably affect the anions sorption on the adsorbents
by changing the degree of ionization, the ion speciation, and the adsorbent’s surface charge.
Therefore, the effect of solution pH on adsorption of fluoride using VPum and VSco was
investigated at different pH (2.00, 4.00, and 6.00) by a separate set of fixed-bed adsorption
columns. The breakthrough curves obtained for both adsorbents are shown in Figure 6a,b
for a fixed inlet flow rate of 1.25 mL/min, influent fluoride concentration of 10 mg/L,
column bed depth of 10 cm, and a particle size of <0.075 mm for VSco and 0.075–0.425 mm
for VPum.

Figure 6. Effect of pH on the breakthrough behavior of fluoride in (a) VPum: 0.075–0.425 mm and (b) VSco: <0.075 mm (CO:
10 mg/L; QO: 1.25 mL/min; bed depth 10 cm).

As can generally be observed from Figure 6a, b, the adsorption capacity of the adsor-
bents noticeably increased with decreasing pH. As can also be seen from Table 2 (VPum
and VSco), the total amount of fluoride adsorbed (qtot) was high for VPum (29.24 mg) and
16.08 mg for VSco at lower pH of 2, and the breakthrough time decreased from 1206 to
135 min for VPum and 415 to 227 min for VSco with an increase in pH from 2 to 6. The
volume of water treated at the breakthrough time was higher at pH of 2.00 (1507.5 mL for
VPum and 518.03 mL for VSco) than 4.00 (347.5 mL for VPum and 370 mL for VSco) and
6.00 (168.75 mL for VPum and 283.75 mL for VSco). This concludes the occurrence of the
breakthrough time was longer, the amount of fluoride adsorbed, and treated water volume
was high for a pH of 2.00. As pH varies, surface charge also varies; the sorption of charged
species is affected. Therefore, the performance of adsorbents for better adsorption at low
pH may be the result of the presence of a large number of H+ ions at low pH values, and
hence neutralize the negatively charged adsorbent surface [48], consequently dropping the
interference of the adsorption of fluoride. In addition, this reality can be elucidated based
on the pH value at the point of zero charges of the adsorbents (pHPZC = 6.85 (VPum) and
6.98 (VSco)).

Moreover, the decrease in the adsorption of fluoride at pH 4.00 and 6.00 could also be
due to the decrease in the number of H+ or electrostatic repulsion of fluoride by negatively
charged adsorbent surface [47,49].

Hence, the sorption of fluoride ions is due to an electrostatic phenomenon and surface
complexation that perform independently or together for the adsorption of fluoride ions
on the adsorbents. The removal mechanism at pH < pHPZC is presumably due to columbic
attraction of fluoride by positive surface charges (Equation (2)) and/or ligand exchange
reactions of fluoride with surface hydroxyl groups (Equation (3)).

MOH+
2 + F− ↔ MOH+

2 −−− F− (2)
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MOH+
2 + F− ↔ MF + H2O (3)

where, M represents Fe, Al, Si, Ca, Mg, etc.
In this study, an increment in the final pH (pH ∼7.20) was observed after the comple-

tion of the adsorption experiment, which is consistent with the columbic or ligand exchange
type adsorption mechanism shown in Equations (2) and (3) [47]. This can be further ex-
plained by the capacity of the adsorbents to maintain a neutral pH after adsorption [6,50].
The capacity to maintain neutral effluent solution pH could be from the amphoteric nature
of oxides in both adsorbents (Al2O3, Fe2O3, TiO2, etc.) when compared with the effect of
basic metallic oxides (Table S1). This type of observations were reported for the removal of
pollutant in a previous study [6]. Furthermore, the elemental compositions of exchangeable
cations also play a critical role in fluoride uptake during defluoridation [51]. There might
be a slight increase in electro conductivities of the final solutions, which might not influence
the adsorption process [52]. However, additional testing of the effluent solution for various
compounds may be required to draw definite conclusions.

It is noted that the effect of pH on the adsorption capacity may be due to the shared
impact of pH on the nature of the adsorbent surface, the existence of the adsorbed pollutant
(fluoride ion), and the added acid and base to the working solution to adjust its pH. In this
study, the optimum and effective removal of fluoride takes place at a pH of 2.00; hence, all
experiments other than the effect of pH were conducted at a pH of 2.00 for both adsorbents.

2.4. Effect of Flow Rate

The effect of flow rate on the adsorption of fluoride using VPum and VSco was
examined at the flow rates of 1.25, 2.50, and 3.75 mL/min whereas the bed depth (10 cm),
influent solution pH (2.00), initial fluoride concentration (10 mg/L), and adsorbents particle
size (<0.075 mm (Vsco) and 0.075–0.425 mm (VPum)) were held constant. As indicated in
Figure 7a (VPum) and b (VSco), the breakthrough curves become steeper and shifted to the
origin with an increasing flow rate while the breakthrough time decreased. The use of a
high flow rate decreases the contact time of fluoride in the solution with the adsorbents,
thereby allowing earlier breakthroughs to occur. Additionally, increasing the flow rate
from 1.25 to 3.75 mL/min decreased the volume of water treated from 1507.5 to 282.69 mL
and 518.03 to 256.03 mL for VPum and VSco, respectively (Table 2).

Figure 7. Effect of influent flow rate on the breakthrough behavior of fluoride in (a) VPum: 0.075–0.425 mm and (b) VSco:
<0.075 mm (pH 2; CO: 10 mg/L; bed depth 10 cm).

This was further supported by Mass Transfer Zone (MTZ) (Table 2) which increased
with increasing flow rate. The total fluoride adsorbed (qtot) increased from 4.49 mg to
29.24 mg for VPum and from 3.10 mg to 16.08 mg for VSco (Table 2) as the flow rate decrease
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from 3.75 to 1.25 mL/min. This results in the increase of the adsorption performance of
the column from 17 to 110 mg/kg and 4.2 to 22 mg/kg for VPum and VSco, respectively
(Table 2). The increase in sorption efficiency at a low flow rate shows that the adsorbates
have sufficient time to penetrate and diffuse deeply into the pores of the adsorbents; hence,
intraparticle mass transfer controls the sorption process. This was also verified by MTZ
(Table 2) or unused bed, which decreased with decreasing flow rate. In general, at the lower
flow rate, the contact time between the adsorbent and the fluoride was higher, resulting
in an increased breakthrough time and treated water volume for the continuous column
adsorption system. A similar type of observation was reported by various authors for
fixed-bed column systems [53–55]. In this study, the optimum and effective removal of
fluoride takes place at a flow rate of 1.25 mL/min; so, all experiments other than the effect
of flow rate were performed at a flow rate of 1.25 mL/min.

2.5. Application of the Thomas Model

The values of the Thomas model parameters, KT and qo for both adsorbents shown
in Table 3 for different experimental parameters were found from the non-linear opti-
mization techniques according to Equation (18). The non-linear plots of the experimental
(designated as exp.) and simulated (designated as cal.) breakthrough curves based on the
Thomas model for VPum (a) and VSco (b) at different particle sizes (Figure S1), influent pH
(Figure S2), and influent volumetric flow rate (Figure S3) were provided in Supplementary
Materials. The results of KT, qo, and correlation coefficient (R2) are shown in Table 3 for
VPum and VSco. From the results, it can be seen that the values of R2 range from 0.897 to
0.993 for VPum and 0.901 to 0.973 for VSco.

Table 3. Thomas model parameters for fluoride adsorption onto VPum and VSco.

VPum H (cm) Co (mg/L)
Q

(mL/min)
pH Psize (mm)

KT (L/min.mg)
(×104)

q0(cal.)

(mg/kg)
qe(exp.)

(mg/kg)
R2

10 10 1.25 2.00 <0.075 2.199 48.6 59.6 0.950
10 10 1.25 2.00 0.075–0.425 1.440 109.9 109.9 0.993
10 10 1.25 2.00 0.425–2.00 1.840 57.9 67.9 0.897
10 10 1.25 4.00 0.075–0.425 8.289 17.83 23.51 0.977
10 10 1.25 6.00 0.075–0.425 12.099 13.08 14.81 0.995
10 10 2.50 2.00 0.075–0.425 3.565 55.81 29.8 0.953
10 10 3.75 2.00 0.075–0.425 5 45.82 16.9 0.962

VSco H (cm) Co (mg/L)
Q

(mL/min)
pH Psize (mm)

KT (L/min.mg)
(×104)

q0(cal.)

(mg/kg)
qe(exp.)

(mg/kg)
R2

10 10 1.25 2.00 <0.075 1.23 19 22 0.901
10 10 1.25 2.00 0.075–0.425 2.213 13.4 12.4 0.931
10 10 1.25 2.00 0.425–2.00 3.310 10.1 10.9 0.956
10 10 1.25 4.00 <0.075 10.140 7.06 8.2 0.973
10 10 1.25 6.00 <0.075 15.520 5.42 6.7 0.965
10 10 2.50 2.00 <0.075 5.263 13.3 7.5 0.929
10 10 3.75 2.00 <0.075 7.220 11.2 4.2 0.944

The high values of R2 indicate there were no significant disparities between the
experimental data points and calculated data by the Thomas model for all particle sizes,
influent solution pH, and influent volumetric flow rate. The observed differences between
the experimental data and calculated data from the Thomas model may be due to the
characteristic attribute weakness in the model. The Thomas model does not consider
the external (film) and intra-particle diffusions in the adsorption system and, therefore,
proposes adsorbate–adsorbent surface reactions to control the adsorption rate, hence the
breakthrough. However, nearly all adsorption operations are typically not limited to surface
reaction kinetics, but are also controlled by external and/or intra-particle diffusion [56,57].
Thus, the perceived disparities in this study indicate external and/or intra-particle mass
transfer may be the rate-controlling steps in fluoride adsorption in a fixed-bed column
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onto the adsorbents. Similar observations were drawn with the kinetic study of fluoride
under fixed-bed conditions onto modified pumice [57]. As shown in Table 3, the value of
the Thomas rate constant (KT) increased as the influent flow rate increased but the value of
the maximum solid-phase concentration (qo) decreased. A related type of investigation on
Thomas constants for different systems was reported by various authors [58,59].

2.6. Application of the Adams–Bohart Model

The parameter values of the Adams–Bohart model, KAB and NO, as depicted in Table 4
for Vpum and Vsco were similarly determined by non-linear regression analysis according
to Equation (19).

Table 4. Adams–Bohart model parameters for fluoride adsorption onto VPum and VSco.

VPum H (cm) Co (mg/L)
Q

(mL/min)
pH

Psize

(mm)
KAB (L/min.mg)

(×104)
N0

(mg/L)
R2

10 10 1.25 2.00 <0.075 2.187 35.55 0.950
10 10 1.25 2.00 0.075–0.425 1.439 56.85 0.993
10 10 1.25 2.00 0.425–2.00 1.741 20.77 0.911
10 10 1.25 4.00 0.075–0.425 8. 289 9.22 0.995
10 10 1.25 6.00 0.075–0.425 12. 099 6.76 0.953
10 10 2.50 2.00 0.075–0.425 3.565 29.68 0. 962
10 10 3.75 2.00 0.075–0.425 5.000 22.74 0.995

VSco H(cm) Co (mg/L)
Q

(mL/min)
pH

Psize

(mm)
KAB (L/min.mg)

(×104)
No

(mg/L)
R2

10 10 1.25 2.00 <0.075 1.233 27.27 0.886
10 10 1.25 2.00 0.075–0.425 2.213 17.68 0.886
10 10 1.25 2.00 0.425–2.00 3.310 13.41 0.956
10 10 1.25 4.00 < 0.075 10.145 10.13 0.969
10 10 1.25 6.00 < 0.075 15.518 7.77 0.980
10 10 2.50 2.00 < 0.075 5.263 19.72 0.929
10 10 3.75 2.00 < 0.075 7.221 15.36 0.944

From the results presented in Table 4, it can be realized that the values of R2 range
from 0.911 to 0.993 for Vpum and 0.886 to 0.969 for VSco. The high values of R2 designate
the applicability of the Adams–Bohart model for describing the entire sorption mechanisms
of fluoride onto VPum and VSco under a continuous fixed-bed flow process.

In a similar fashion with the Thomas model, the comparison of the non-linear plots of
the experimental and calculated breakthrough curve, based on the Adams–Bohart model,
are generally in good agreement for VPum (a) and VSco (b) at different particle sizes
(Figure S4), influent solution pH (Figure S5), and influent flow rate (Figure S6) respectively.
Only minor disparities were noticed at lower pH (2.00) and particle sizes of 0.075–0.425 mm
and <0.075 mm for VPum and VSco, respectively. As seen in Table 4, the values of the
kinetic constants were affected by the influent flow rate and increased with increasing
flow rate. This presented that external mass transfer in the entire fluoride adsorption
mechanisms in the fixed-bed column dominates the overall system kinetics [57,60]. In
general, both the Adams–Bohart and the Thomas models could predict very well the entire
region of the breakthrough curves for the fluoride-VSco and fluoride-VPum systems. In
addition, both the Adams–Bohart model (Equation (19)) and the Thomas model (Equation
(18)) are mathematically the same and, therefore, gave similar fit quality.

2.7. Comparison of Different Adsorbents on Fluoride Removal

A comparison has been made between volcanic rocks (VPum and VSco) used in this
study and previously reported adsorbents for fluoride removal in a fixed-bed column
system. The results for some adsorbents are presented in Table 5.
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Table 5. Comparison of other adsorbents with VPum and VSco.

Adsorbents
Surface Area

(m2g−1)
Bed Depth

(cm)
Fluoride in

(mgL−1)

Adsorption
Capacity

(mg F- g−1)

Adsorption
Capacity per Surface

Area (mg.m−2)
References

Cement paste NA* 20 15 0.149 - [61]
aluminum modified

iron oxide NA 10.5 4 0.139 - [62]

Acid-treated
bentonite (GHB) 24.5 28 2.85 0.169 0.0069 [63]

MnO2-coated
Tamarind Fruit Shell NA 6 2 0.883 - [64]

kanuma mud 144.01 10 20 1.560 0.0108 [49]
Activated alumina

(Grade OA-25) 250 10 5 0.74 0.0029 [65]

VPum 3.5 10 10 0.110 0.0314 This study
VSco 2.49 10 10 0.022 0.0088 This study

NA*: Not available.

As can be seen from these results in Table 5, the natural VPum used is comparable to
cement paste and aluminum modified iron oxide in terms of defluoridation capacity. Values
of adsorption capacity per unit surface area are, however, higher for VPum than those of
acid-treated bentonite (GHB), kanuma mud, and activated alumina; and higher for VSco
than acid-treated bentonite (GHB) and activated alumina (Grade OA-25) (Table 5). Both
adsorbents are available in abundance in all parts of the world and are readily available in
approximately 1/3 of Ethiopia’s total area and are, hence, favored adsorption materials
because of very low supply costs. The adsorbents used are primarily part of the natural
environment. However, to improve the specific surface area and hence the defluoridation
capacity, surface modification of the natural volcanic rocks may be appropriate.

3. Materials and Methods

3.1. Materials

In this study, rock samples were collected from volcanic cones (VPum: 8◦10′ N 39◦50′ E;
VSco: 8◦33′ N 39◦16′ E) of the Main Rift Valley area of Oromia Regional State, East Showa
Zone, Ethiopia, around 50–100 km East of Addis Ababa. The rocks are readily available in
approximately 1/3 of the country’s total area and are, thus, a preferred adsorption material
because of very low supply costs [29,48,66].

3.2. Preparations of Adsorbents

The rock samples (VPum and VSco) were washed repeatedly with deionized water
until all water-soluble compounds and dust were removed, and thereafter dried at 55 ◦C for
48 h [30,67]. After cooling samples down to room temperature, they were crushed with a
mortar and sieved using different mesh sizes: silt (<0.075 mm), fine sand (0.075–0.425 mm),
and medium sand (0.425–2.00 mm) [28,68]. All prepared samples were packed in air-tight
plastic bags and stored at a cool and dry place for further use.

3.3. Preparations of Adsorbate

All glassware and bottles were thoroughly washed and rinsed with deionized water
before usage. Chemicals used were analytical grade reagents and a fluoride stock solution
(1000 mg/L) was prepared freshly by dissolving 2.21 g of anhydrous NaF (Merck KGaA,
Darmstadt, Germany) in 1000 mL of deionized water. The synthetic fluoride solution of
desired concentrations was made by diluting the stock solution. 0.1 M of NaOH and/or
0.1 M HCl solutions were used to adjust the pH values of the fluoride solution utilized in
the column experimental experiments.
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3.4. Adsorbent Characterizations

3.4.1. Crystalline Structures

The crystalline structures of the adsorbents were analyzed by an X-ray diffractometer
(XRD-7000, Drawell, Shanghai, China) with Cu Kα as a radiation source (1.54056 Å)
generated at 30 kV and 25 mA instrument. The diffractograms were gained with a step
width of 2θ and a scan rate of 0.04◦/min.

3.4.2. Chemical Composition

The elemental composition of the adsorbents was analyzed using inductively coupled
plasma-optical emission spectroscopy (ICP-OES). X-ray fluorescence (XRF) spectroscopy
was used to obtain information on the oxide contents of the adsorbents.

3.4.3. Fourier Transform Infrared (FTIR) Analysis

FTIR spectra of the samples were run on KBr pellets. The spectra were recorded over
a range of 5000 to 400 cm−1 at a resolution of 0.1 cm−1 in a PerkinElmer spectrometer
(UNSW Sydney, Australia) using a lithium tantalite (LiTaO3) detector.

3.4.4. Scanning Electron Microscope (SEM) Analysis

A scanning electron microscope (SEM) (JCM-6000plus, Version 0.2, Peabody, MA,
USA), operated at 15 kV, was used to determine the morphologies of VPum and VSco. The
characteristics of the adsorbents were compared.

3.4.5. Determination of pH and Point of Zero Charges (pHPZC)

The pH of the adsorbents was determined using a pH meter in a 1:10 adsorbent/water
ratio as per the standard method [6]. The pH at the point of zero charges (pHPZC) of the
adsorbents was examined based on the standard method. For this effect, 250 mL of 0.01 M
NaCl solution as an electrolyte was positioned in a vessel, thermostated at 298 K, and
N2 was bubbled through the solution to stabilize the pH by preventing the dissolving of
CO2 from the air. In 6 Erlenmeyer flasks, 25 mL of the electrolyte was introduced and the
pH was adjusted to the required value (2.00, 4.00, 6.00, 8.00, 10.00, and 12.00) by adding
0.1 M NaOH or 0.1 M HCl. The same procedure and method were performed for blank
electrolyte solution (0.01 M NaCl). In each beaker, 0.25 g of the rock samples were added
and shaken for 48 h. The suspension was subsequently filtrated and the final pH was
determined. The point of zero charges (pHPZC) was found at the intersection point by
plotting the initial pH versus the final pH.

3.4.6. BET Analysis

The specific surface area (SBET) of the adsorbents was measured using a nitrogen gas
adsorption-desorption technique at 77k using surface analyzer equipment (Micrometrics/
Gemini-2372). The samples were degassed at 300 ◦C under vacuum for at least 6 h before
analysis. The Brunauer-Emmett-Teller (BET) equation was used to obtain a specific surface
area (SBET). The SBET values of the two adsorbents (VPum and VSco) are compared.

3.5. Column Adsorption Experimental Set-Up and Procedures

Continuous fixed-bed column adsorption studies were carried out to assess the dy-
namic behavior of fluoride removal by using VPum and VSco. Continuous flow adsorption
experiments were conducted in a small-scale cylindrical column of 8.1 cm internal diameter
and 10 cm height with an empty bed volume of 515 cm3. The column was filled with
a weighted amount of adsorbent of different particle sizes (silt: <0.075 mm, fine sand:
0.075–0.425 mm, and medium sand: 0.425–2.00 mm). The same particle size was used if
controlling parameters such as pH and flow rate were tested. The bed was conditioned
with deionized water (pH: 7.00–7.30) for 12 h (overnight) to ensure a closely packed adsor-
bent and to avoid the potential occurrence of voids, channeling, or cracking, which can
significantly affect the performance of the column.
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A synthetic fluoride solution with a concentration of 10 mg/L was pumped to a
packed bed column in up-flow mode to avoid channeling caused by gravity. The influent
volumetric flow rate varied between experiments but was held constant in a given experi-
ment using an adjustable peristaltic pump (MS-REGLO, Labortechnik-Analytic, Zürich,
Switzerland). The experiments were conducted at room temperature (25 ± 2 ◦C). The
effluent column sample was collected using an automatic fraction collector (RFI, MA-RON
GmbH, Germany). The constant flow rate was verified by collecting and quantifying the
effluent solution at regular time intervals. The column operation was stopped when the
concentrations of the fluoride in the effluent exceeded 90% of its initial concentrations.
Ion chromatography (930 Compact IC Flex, Metrohm, Switzerland) was used to quantify
fluoride concentrations. The instrument uses 3.2 mmol/L Na2CO3/1.0 mmol/L NaHCO3
as eluent, Metrosep A Supp 5–150/4.0 column, and a standard conductivity detector to
measure the conductivity of the effluent solutions. The fluoride concentration was mea-
sured in the calibration range of 0.2–200 mg/L, contains inline dilution, inline dialysis,
eluent degasser, CO2 suppressor, and chemical suppressor. Suppression in IC maximizes
the detection sensitivity of fluoride ions while reducing the background conductivity of
the eluent.

The maximum tolerable breakthrough concentration (Cb) was 1.5 mg/L (15% of
the influent initial concentration of 10 mg/L), which is recommended by WHO [4] as a
maximum acceptable level for drinking water.

The effect of experimental parameters such as particles size (silt: <0.075 mm, fine sand:
0.075–0.425 mm, and medium sand: 0.075–0.425 mm), influent solution pH (2.00, 4.00, and
6.00), and influent volumetric flow rate (1.25, 2.50, and 3.75 mL/min) on breakthrough
behavior and amount of fluoride removed were examined.

3.6. Modeling and Analysis of Fixed-Bed Column Data

A fixed-bed column adsorption performance is well described through the break-
through curve concept [53]. The time of solute breakthrough and the shape of the break-
through curve are important indicators for the operational adsorption processes; the
breakthrough curve is directly linked to the viability and economics of the adsorption
process [54,69]. The breakthrough patterns and according parameters are dependent on the
operating conditions of the fixed-bed column such as adsorbent particle size, influent flow
rate, and pH of the influent solution. Nevertheless, the pH value may not influence the
breakthrough curve in a situation such as when using strongly basic anion exchangers. The
primary and significant attribute is the sorbent selectivity to the pollutant, as well as the
dynamic exchange capacity and full dynamic capacity of the column [70]. To investigate the
performance of the column and to scale-up, the determination of breakthrough parameters
is crucial. The breakthrough curves expressed in terms of the ratio of effluent to influent
adsorbate concentration (Ct/Co) as a function of time or effluent volume for a given height
of the bed reflects the absorbed fluoride from the solution. Time equivalent to stoichiomet-
ric capacity (exhaustion time) and time equivalent to usable capacity (breakthrough time)
is shown in Equations (4) and (5), respectively [54,59].

te =
∫ t=ttotal

t=0

(

1 −
Ct

Co

)

dt (4)

tb =
∫ tb

t=0

(

1 −
Cb
Co

)

dt (5)

where te is exhaustion time (min), tb is the breakthrough time (min) at which Ct = Cb
(mg/L) (for the present system, Cb = 1.5 mg/L).

The total value of fluoride adsorbed (qtotal: mg) from the column for a given feed
concentration and the flow rate was obtained from the area (A) under the breakthrough
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curve by integrating the adsorbed fluoride concentration Cad (Cad = Co−Ct) (mgL−1)
versus t (min) and can be obtained from Equation (6) [55,71].

qtotal =
QA
1000

=
Q

1000

∫ t=ttotal

t=0
Caddt (6)

where ttotal, and Q are the total flow time until saturation of the bed (min), and volumetric
flow rate (mL/min), respectively.

Equilibrium fluoride uptake (qe: mg kg−1) (maximum capacity of the column) in the
column is calculated by Equation (7) as the total amount of fluoride adsorbed (qtotal) per
kilogram of dry adsorbent mass (m) at the end of the total flow time [71].

qeq =

qtotal
m

(7)

The effluent volume (Ve) and treated effluent volume or breakthrough volume (Vb) of
solution can be found from Equations (8) and (9), respectively.

Ve = Qte (8)

Vb = Qtb (9)

where, Ve is the total effluent volume at exhaustion time (mL), Vb, total effluent volume
at the breakthrough time (mL), Q is the volumetric flow rate (mL/min), te and tb are
exhaustion and breakthrough time (min), respectively.

The Mass Transfer Zone (MTZ) or unused bed length (HUNB) can be obtained from
Equation (10) [54,59].

MTZ = HT

(

te − tb
te

)

(10)

where HT is total bed height (cm), te (min) is exhaustion time, and tb is breakthrough
time (min).

The Empty Bed Contact Time (EBCT), which measures the critical depth and the
contact time between the solid phase adsorbent and the liquid phase, can be obtained from
Equation (11).

EBCT =
VB

Q
(11)

where VB is the volume of a fixed bed (mL) and Q is the flow rate (mL/min).
The bulk density (ρb: gm.cm−3), which measures the adsorbent compaction status,

and the particle density (ρp: gm.cm−3) of the adsorbent can be obtained from Equations (12)
and (13), respectively [72].

ρb =
mads

Vt
(12)

ρp =
mads

Vt − Vv
(13)

where mads is the dry mass of adsorbent (mg), and Vt is the bulk volume (cm3) which
includes the volume of adsorbent (VB:cm3) and the pore space between the adsorbent
particles or void volume (Vv:cm3).

The void volume (Vv:cm3) of the adsorbent can be found from Equation (14) [72].

Vv =
WSat − Wdry

ρw
(14)

where Wdry is the weight of dry adsorbent (g), Wsat is the weight of saturated adsorbent
(g), and ρw is the density of water (g cm−3).
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The total porosity of the adsorbent (εb) can be obtained from Equation (15) [72].

εb = 1 −
ρb

ρp
(15)

The filter (superficial) velocity (Vf:cm min−1) and effective (interstitial) velocity
(VI:cm min−1) can be found from Equations (16) and (17), respectively [72].

Vf =
Q
A

(16)

VI =
Q

A × εb
(17)

where A is the cross-sectional area of the fixed-bed (cm2) and Q is the flow rate (cm3min−1).

3.7. Fixed–Bed Column Breakthrough Curve Modeling

The successive operation of a small scale column towards industrial applications can
be well elucidated with the help of some models. Various models have been reported for
predicting the breakthrough performance in fixed-bed adsorption [57,73]. In this study, the
two most important and widely used mathematical models, the Thomas model and Adams–
Bohart model, have been applied to the column experimental data for describing the
dynamic behavior of fluoride adsorption using VPum and VSco in a fixed-bed column filter.

3.7.1. Thomas Model

The Thomas model [74] is one of the most extensively employed kinetic models to
predict fixed-bed column performance. In addition to the prediction of the breakthrough
curve for the effluent, the model can be used to determine the maximum uptake of adsor-
bate and adsorption rate constant [74]. The non-linear form of the Thomas model can be
described as follows Equation (18), [75].

Ct

Co
=

1

1 + exp
[

KTqo
m
Q − KTCot

] (18)

where Co (mg/L) is the initial solute concentration, Ct (mg/L) is the solute concentration at
the time, t, Q (L/min) is the volumetric flow rate, qo (mg/kg) is the maximum solid-phase
concentration of solute (maximum column adsorption capacity), KT is the Thomas rate
constant (L/min mg), and m (kg) is the packed dry mass of the adsorbent in a fixed-bed.

3.7.2. Adams–Bohart Model

The Adams–Bohart model [76] was developed for the analysis of the dynamics of
fixed-bed based on the assumption that the adsorption rate is proportional to both the
residual adsorbent and adsorbate concentration. The nonlinear form of the Adams–Bohart
model (Equation (19)) [77], was used for the prediction of breakthrough curves and model
parameters.

Ct

Co
=

1

1 + exp
[

KABNo
Z
v − KABCot

] (19)

Where KAB (L/mg min) is the kinetic constant, v (mL/min) is the linear flow rate, Z
(cm) is a column bed depth, and NO (mg/L) is the saturation concentration (adsorption
capacity of the adsorbent per unit volume of the bed), and time t (min) ranges from the
start to fluoride breakthrough point. The linear flow rate was determined by Equation (20).

v =
Q
A

(20)
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where Q (cm3/min) is the volumetric flow rate, and A (cm2) is the cross-sectional area of
the bed [60,62,78].

4. Conclusions

In this study, the removal of fluoride from aqueous solutions was examined in a con-
tinuous fixed-bed adsorption column system using VPum and VSco. The characterizations
investigations were performed using XRD, SEM, FTIR, BET, XRF, and ICP-OES equipment
to reveal the mechanisms of adsorption and the suitability of the adsorbents for fluoride
removal. The pHPZC is 6.98 for VSco and 6.85 for VPum. The effects of process parameters
such as adsorbent particle size, influent pH, and influent volumetric flow-rate on the
performance of the adsorption process in a column were evaluated. The maximum removal
capacity of 110 mg/kg for VPum and 22 mg/kg for VSco were achieved at a particle size
of 0.075–0.425 mm and <0.075 mm, respectively, at lower solution pH (2.00) and flow rate
(1.25 mL/min). The increase in adsorbent particle size, solution pH, and flow rate decreases
the breakthrough and saturation time of the column bed and, consequently, lowers the
amount of fluoride removal by VSco. The breakthrough and exhaustion time on VPum
was high at a particle size of 0.075–0.425 mm, at lower solution pH and flow rate similar
to that of VSco. Thus, in order to attain optimum performance, suitable experimental
parameters are significant for the operation of the adsorption column. The Thomas and
Adams–Bohart models were applied to the experimental data to estimate the breakthrough
curves and to determine fixed-bed column kinetic parameters. Both the Adam–Bohart and
the Thomas models could predict very well the entire region of the breakthrough curves for
the fluoride-VSco and fluoride-VPum system. The results show that VPum and VSco could
be used in a fixed-bed adsorption column for the removal of excess fluoride from water.
The supply cost of the two adsorbents is very low; nevertheless, an overall cost analysis of
the purification system is very important as it has implications for the feasibility (technical
and economic) of the adsorption method. Additional testing of the adsorbents including
representative samples test for possible compositional, mineralogical, and textural changes
in time due to weathering, leaching test, competitive ions effects, and regeneration options
is required to confirm that the defluoridation of groundwater employing volcanic rocks is
a safe and sustainable method.

Supplementary Materials: Table S1: Elemental composition and oxides content of VPum and VSco,
Figure S1: Experimental (exp.) and simulated (cal.; Thomas model) breakthrough curves of fluoride
at different particle sizes for (a) VPum and (b) VSco (pH 2.00; CO: 10 mg/L; QO: 1.25 mL/min;
bed depth 10 cm), Figure S2: Experimental and simulated (Thomas model) breakthrough curves
of fluoride at different pH for (a) VPum: 0.075–0.425 mm (b) VSco: <0.075 mm (CO: 10 mg/L;
QO: 1.25 mL/min; bed depth 10 cm), Figure S3: Experimental and simulated (Thomas model)
breakthrough curves of fluoride at different influent flow rate for (a) VPum: 0.075–0.425 mm and
(b) VSco: <0.075 mm (pH 2.00; CO: 10 mg/L; bed depth 10 cm), Figure S4: Experimental (exp.) and
simulated (cal.; Adams–Bohart model) breakthrough curves of fluoride at different particle sizes
for (a) VPum and (b) VSco (pH 2.00; CO: 10 mg/L; QO: 1.25 mL/min; bed depth 10 cm), Figure S5:
Experimental and simulated (Adams–Bohart model) breakthrough curves of fluoride at different
pH for (a) VPum: 0.075–0.425 mm and (b) VSco: <0.075 mm (CO: 10 mg/L; QO: 1.25 mL/min; bed
depth 10 cm), Figure S6: Experimental and simulated (Adams–Bohart model) breakthrough curves
of fluoride at different flow rate for (a) VPum: 0.075–0.425 mm and (b) VSco: <0.075 mm (pH 2.00;
CO: 10 mg/L; bed depth 10 cm).
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53. Aksu, Z.; Çaǧatay, S.S.; Gönen, F. Continuous Fixed Bed Biosorption of Reactive Dyes by Dried Rhizopus Arrhizus: Determination
of Column Capacity. J. Hazard. Mater. 2007, 143, 362–371. [CrossRef]

54. Golie, W.M.; Upadhyayula, S. Continuous Fixed-Bed Column Study for the Removal of Nitrate from Water Using Chi-
tosan/Alumina Composite. J. Water Process Eng. 2016, 12, 58–65. [CrossRef]

55. Paudyal, H.; Pangeni, B.; Inoue, K.; Kawakita, H.; Ohto, K.; Alam, S. Adsorptive Removal of Fluoride from Aqueous Medium
Using a Fixed Bed Column Packed with Zr (IV) Loaded Dried Orange Juice Residue. Bioresour. Technol. 2013, 146, 713–720.
[CrossRef] [PubMed]

56. Ghorai, S.; Pant, K.K. Equilibrium, Kinetics and Breakthrough Studies for Adsorption of Fluoride on Activated Alumina. Sep.

Purif. Technol. 2005, 42, 265–271. [CrossRef]
57. Salifu, A. Laboratory-Scale Column Filter Studies for Fluoride Removal with Aluminium (Hydr) Oxide Coated Pumice, Regenera-

tion and Disposal. In Fluoride Removal from Groundwater by Adsorption Technology: The Occurrence, Adsorbent Synthesis, Regeneration

and Disposal; CRC Press/Balkema: Leiden, The Netherlands, 2017; pp. 127–129. ISBN 9780815392071.
58. Han, R.; Wang, Y.; Yu, W.; Zou, W.; Shi, J.; Liu, H. Biosorption of Methylene Blue from Aqueous Solution by Rice Husk in a

Fixed-Bed Column. J. Hazard. Mater. 2007, 141, 713–718. [CrossRef]
59. Yagub, M.T.; Sen, T.K.; Afroze, S.; Ang, H.M. Fixed-Bed Dynamic Column Adsorption Study of Methylene Blue (MB) onto Pine

Cone. Desalin. Water Treat. 2015, 55, 1026–1039. [CrossRef]
60. Quintelas, C.; Pereira, R.; Kaplan, E.; Tavares, T. Removal of Ni (II) from Aqueous Solutions by an Arthrobacter Viscosus Biofilm

Supported on Zeolite: From Laboratory to Pilot Scale. Bioresour. Technol. 2013, 142, 368–374. [CrossRef]
61. Kang, W.H.; Kim, E.I.; Park, J.Y. Fluoride Removal Capacity of Cement Paste. Desalination 2007, 202, 38–44. [CrossRef]
62. García-sánchez, J.J.; Solache-ríos, M.; Martínez-miranda, V.; Morelos, C.S. Removal of Fluoride Ions from Drinking Water and

Fluoride Solutions by Aluminum Modified Iron Oxides in a Column System. J. Colloid Interface Sci. 2013, 407, 410–415. [CrossRef]
63. Ma, Y.; Shi, F.; Zheng, X.; Ma, J.; Gao, C. Removal of Fluoride from Aqueous Solution Using Granular Acid-Treated Bentonite

(GHB): Batch and Column Studies. J. Hazard. Mater. 2011, 185, 1073–1080. [CrossRef] [PubMed]
64. Sivasankar, V.; Ramachandramoorthy, T.; Chandramohan, A. Fluoride Removal from Water Using Activated and MnO2-Coated

Tamarind Fruit (Tamarindus Indica) Shell: Batch and Column Studies. J. Hazard. Mater. 2010, 177, 719–729. [CrossRef] [PubMed]
65. Ghorai, S.; Pant, K.K. Investigations on the Column Performance of Fluoride Adsorption by Activated Alumina in a Fixed-Bed.

Chem. Eng. J. 2004, 98, 165–173. [CrossRef]
66. Alemayehu, E.; Melak, F.; Sharma, S.K.; Van Der Bruggen, B.; Lennartz, B. Use of Porous Volcanic Rocks for the Adsorptive

Removal of Copper. Water Environ. J. 2017, 31, 4–11. [CrossRef]
67. Kwon, J.-S.; Yun, S.-T.; Lee, J.-H.; Kim, S.-O.; Jo, H.Y. Removal of Divalent Heavy Metals (Cd, Cu, Pb, and Zn) and Arsenic (III)

from Aqueous Solutions Using Scoria: Kinetics and Equilibria of Sorption. J. Hazard. Mater. 2010, 174, 307–313. [CrossRef]
68. Liu, C.; Evett, J.B. Soil Properties-Testing, Measurament, and Evalution; Banta Book Company: Upper Saddle River, NJ, USA, 2003;

ISBN 0-13-093005-9.
69. Chen, I.-P.; Kan, C.-C.; Futalan, C.; Calagui, M.J.; Lin, S.-S.; Tsai, W.-C.; Wan, M.-W. Batch and Fixed Bed Studies: Removal of

Copper (II) Using Chitosan-Coated Kaolinite Beads from Aqueous Solution. Sustain. Environ. Res. 2015, 25, 73–81.
70. De Gennaro, B.; Aprea, P.; Liguori, B.; Galzerano, B.; Peluso, A.; Caputo, D. Zeolite-Rich Composite Materials for Environmental

Remediation: Arsenic Removal from Water. Appl. Sci. 2020, 10, 6939. [CrossRef]
71. Chen, S.; Yue, Q.; Gao, B.; Li, Q.; Xu, X.; Fu, K. Adsorption of Hexavalent Chromium from Aqueous Solution by Modified Corn

Stalk: A Fixed-Bed Column Study. Bioresour. Technol. 2012, 113, 114–120. [CrossRef]
72. Worch, E. Adsorption Technology in Water Treatment: Fundamentals, Processes, and Modeling; Walter de Gruyter and Co.KG: Berlin,

Germany, 2012; ISBN 9783110240221.
73. Mohan, S.; Singh, D.K.; Kumar, V.; Hasan, S.H. Modelling of Fixed Bed Column Containing Graphene Oxide Decorated by MgO

Nanocubes as Adsorbent for Lead ( II ) Removal from Water. J. Water Process Eng. 2017, 17, 216–228. [CrossRef]
74. Thomas, H.C. Heterogeneous Ion Exchange in a Flowing System. J. Am. Chem. Soc. 1944, 66, 1664–1666. [CrossRef]
75. Singh, T.P.; Ghosh, S.; Cb, M. Adsorption of Fluoride from Industrial Wastewater in Fixed Bed Column Using Java Plum

(Syzygium Cumini). Asian J. Pharm. Clin. Res. 2016, 9. [CrossRef]
76. Bohart, G.S.; Adams, E.Q. Some Aspects of the Behavior of Charcoal with Respect to Chlorine. J. Am. Chem. Society 1920, 42,

523–544. [CrossRef]
77. Chu, K.H. Breakthrough Curve Analysis by Simplistic Models of Fixed Bed Adsorption: In Defense of the Century-Old Bohart-

Adams Model. Chem. Eng. J. 2020, 380, 122513:1–122513:8. [CrossRef]
78. Han, R.; Zou, L.; Zhao, X.; Xu, Y.; Xu, F.; Li, Y.; Wang, Y. Characterization and Properties of Iron Oxide-Coated Zeolite as

Adsorbent for Removal of Copper (II) from Solution in Fixed Bed Column. Chem. Eng. J. 2009, 149, 123–131. [CrossRef]

176



molecules

Article

Application of Natural Clinoptilolite for Ammonium Removal
from Sludge Water

Stephan Wasielewski 1,*, Eduard Rott 1 , Ralf Minke 1 and Heidrun Steinmetz 2

����������
�������

Citation: Wasielewski, S.; Rott, E.;

Minke, R.; Steinmetz, H. Application

of Natural Clinoptilolite for

Ammonium Removal from Sludge

Water. Molecules 2021, 26, 114.

https://doi.org/10.3390/

molecules26010114

Academic Editors: Chiara Bisio and

Monica Pica

Received: 1 December 2020

Accepted: 23 December 2020

Published: 29 December 2020

Publisher’s Note: MDPI stays neu-

tral with regard to jurisdictional clai-

ms in published maps and institutio-

nal affiliations.

Copyright: © 2020 by the authors. Li-

censee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and con-

ditions of the Creative Commons At-

tribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

1 Institute for Sanitary Engineering, Water Quality and Solid Waste Management (ISWA), University of
Stuttgart, Bandtaele 2, 70569 Stuttgart, Germany; eduard.rott@iswa.uni-stuttgart.de (E.R.);
ralf.minke@iswa.uni-stuttgart.de (R.M.)

2 Faculty of Civil Engineering, University of Kaiserslau-tern, Paul-Ehrlich-Str. 14,
67663 Kaiserslautern, Germany; heidrun.steinmetz@bauing.uni-kl.de

* Correspondence: stephan.wasielewski@iswa.uni-stuttgart.de; Tel.: +49-711-685-65425

Abstract: Sludge water (SW) arising from the dewatering of anaerobic digested sludge causes high
back loads of ammonium, leading to high stress (inhibition of the activity of microorganisms by an
oversupply of nitrogen compounds (substrate inhibition)) for wastewater treatment plants (WWTP).
On the other hand, ammonium is a valuable resource to substitute ammonia from the energy intensive
Haber-Bosch process for fertilizer production. Within this work, it was investigated to what extent
and under which conditions Carpathian clinoptilolite powder (CCP 20) can be used to remove
ammonium from SW and to recover it. Two different SW, originating from municipal WWTPs were
investigated (SW1: c0 = 967 mg/L NH4-N, municipal wastewater; SW2: c0 = 718–927 mg/L NH4-N,
large industrial wastewater share). The highest loading was achieved at 307 K with 16.1 mg/g (SW1)
and 15.3 mg/g (SW2) at 295 K. Kinetic studies with different specific dosages (0.05 gCLI/mgNH4-N),
temperatures (283–307 K) and pre-loaded CCP 20 (0–11.4 mg/g) were conducted. At a higher
temperature a higher load was achieved. Already after 30 min contact time, regardless of the sludge
water, a high load up to 7.15 mg/g at 307 K was reached, achieving equilibrium after 120 min.
Pre-loaded sorbent could be further loaded with ammonium when it was recontacted with the SW.

Keywords: ammonia; ammonium recovery; Freundlich; intraparticle diffusion; isoelectric state;
Langmuir; pseudo-second-order; Temkin; zeolite; high-strength wastewater; sludge liquor

1. Introduction

In view of the world’s population growing from 7.6 billion in 2017 to estimated
9.4–10.2 billion people by 2050, but also in consideration of rising living standards,
correlating with increasing meat consumption, an increase of food requirements by
50% between 2012 and 2050 is to be expected [1]. This increased demand cannot be
satisfied by the utilization of new farmland alone, since most of it is not developed, too
remote from potential markets, susceptible to pest infestation or new cultivated would
compete with the conservation of important ecosystems. Furthermore, potential arable
land is limited to a small number of countries. Rather, increasing productivity and
efficiency in agricultural production must contribute to meet the increased demand [2],
resulting in a greater need for nutrients, especially nitrogen fertilizers.

Nowadays, the nutrition of half the world’s population is ensured by the Haber-
Bosch process, which enables the synthesis of ammonia (NH3) for fertilizer production [3].
However, the production of NH3 requires a high amount of energy (10 kWh/kg NH3) [4].
Dawson and Hilton [5] calculated that 1.1% of the world’s energy consumption can be
attributed to the production of fertilizers; 90% of it due to the production of nitrogen
fertilizers.

On the other hand, ammonium has severe negative environmental impacts. Because
of its eutrophication potential, ammonium contributes to the growth of biomass in water
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bodies. Under alkaline conditions, which can occur during the day if intensive photosyn-
thesis takes place, ammonium dissociates to ammonia, which has a toxic effect on aquatic
fauna even in low concentrations.

In wastewater treatment rejected sludge water from the dewatering process of anaer-
obically treated sludge causes significant additional ammonium loads for the biological
treatment step [6], resulting in additional need for energy and space. Additionally, external
carbon sources might be necessary for a stable nitrogen elimination process. Instead of
elimination and high-energy expenditure, the ammonium should be recovered to partially
substitute the increasing worldwide demand for NH3.

Recovery methods such as air stripping, bioelectrochemical systems, membrane sep-
aration, and ion exchange have been thoroughly investigated. However, these methods
require additional chemicals as well as energy, and ammonia losses due to volatilization
can occur [7].

The zeolite clinoptilolite (CLI) is known to be a very good ion exchanger, as it consists
of a three-dimensional tetrahedral structure formed of AlO4

− and SiO4, connected by a
shared oxygen atom. The micropores formed by this structure are fine enough to allow
entry and exchange of cations and water molecules [8]. This ability is based on the
substitution of SiO4 by AlO4

−, leading to a negative charge in the structure, which has
to be compensated by exchangeable cations such as Na+, K+, Ca2+, and Mg2+ [9]. In a
previous study with carpathian Clinoptilolite powder (CCP 20), 21.0 meq/100 g Na+,
49.3 meq/100 g K+, 65.6 meq/100 g Ca2+, and 3.3 meq/100 g Mg2+ were exchanged with
136.9 meq/100 g NH4

+ [10].
As soon as the exchange capability for ammonium is exhausted, CLI is proposed to be

utilized as a slow-release fertilizer in agriculture [11] or regenerated by the use of sodium
chloride, sodium carbonate, sodium bicarbonate, or sodium hydroxide solutions [12–15].

In a study investigating the adsorption of ammonium from different highly concen-
trated wastewaters, it was shown that elimination from leachate of a sewage sludge landfill
(c0 = 11.12–115.16 mg/L NH4-N) was 10–20% lower than from a matrix-free solution [16].
It has been demonstrated, that ammonium from swine manure (c0 = 0.43 M/L NH4

+ ≈

6150 mg/L NH4-N) can be removed by means of CLI, but the load is reduced from 10 mg/g
(matrix-free ammonium solution) to 2 mg/g (manure) due to the cations contained [17].
Furthermore, dilution of leachate from a municipal landfill (c0 = 2292 mg/L NH4-N) does
not improve ammonium adsorption [18]. In addition, organic compounds that are not
removed by activated carbon interfere with the sorption of ammonium from leachate
(c0 = 820 mg/L NH4

+ = 637 mg/L NH4-N) at CLI; the load increases when leachate is pre-
treated with activated carbon [19]. The results of these studies show that the composition
of the medium to which CLI is applied might be decisive for the adsorption effect. Since
the adsorption of ammonium from sludge water, has not been sufficiently investigated,
the adsorption process in this complex medium is not well understood and the technical
implementation is uncertain.

The objective of this study was to develop a deeper understanding of the factors influ-
encing the sorption of ammonium from sludge water on powdered natural clinoptilolite.

2. Materials and Methods

2.1. Zeolite Samples and Chemicals

Since preliminary studied Slovakian CLI CCP 20 (CCP = Carpathian clinoptilolite
powder) showed favorable sorption properties [10], it was employed for this study. It was
obtained from the supplier Labradorit GmbH (Berlin, Germany), in a ground and sieved
form (particle size smaller than 20 µm). The CLI was dried at 378 K for 24 h before use. No
other pretreatment was conducted. The CCP 20 mainly consisted of Si (35.5% (wt/wt)),
Al (5.4%), K (2.0%), Ca (1.6%), Fe (1.0%), Na (0.4%), Mg (0.3%), Ti (0.1%), Ba (0.08%),
and Pb (0.001%), whereas Cr, Ni, As, Rb, Cd, Cs, Ba, Hg, and Tl were below the limit
of detection.
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NH4Cl (p.a.), NaOH (p.a.) and HCl (32%, p.a.) were obtained from VWR International
(Radnor, PA, USA).

2.2. Sludge Water and Matrix-Free Solution

Sludge water from two different WWTPs with high concentrations of ammonium
nitrogen (see Table 1) were investigated. The sludge water originated from the dewatering
process of anaerobically stabilized sludge by means of a chamber filter press. During
normal operation, this sludge water is recycled to the main treatment process.

Table 1. Physical properties and constituents of the examined sludge waters.

Parameter Unit SW1 SW2 NH4Cl

pH – 7.9 8.0 5.3
Conductivity

(298 K) mS/cm 7.10 7.98 9.60

SS mg/L 195 71–212 –
COD mg/L 517 340–362 –

COD dissolved mg/L 304 279–300 –
NH4-N mg/L 967 718–927 1000
NO3-N mg/L <2 <1 –
NO2-N mg/L <0.10 3.49 –
PO4-P mg/L 45.7 0.75–4.4 –

F− mg/L n.d. 1.49 –
Cl− mg/L 174 266–292 –
Br− mg/L <0.30 0.93 –

SO4
2− mg/L ~30 < 100 –

n.d.: not detected.

SW1 originated from a WWTP treating mainly municipal wastewater using the acti-
vated sludge process with upstream denitrification. Iron chloride sulphate is employed
for phosphate precipitation. Primary sludge from mechanical treatment, secondary sludge
from the biological stage and precipitated sludge from phosphorus elimination are admixed
and anaerobically digested. Before dewatering, the digested sludge is pre-thickened and
subsequently dewatered by means of a chamber filter press. For the investigations, the
sludge water was taken from the outlet of the chamber filter press.

SW2 originated from a WWTP with a high industrial wastewater share. The wastewa-
ter is treated by trickling filters and a downstream denitrification. A mixture of aluminum
and iron salts is employed as precipitant for phosphate elimination. Sludge from primary
and secondary treatment as well as from phosphate elimination are pre-thickened and
subsequently anaerobically digested. Afterwards, the digested sludge is dewatered with a
chamber filter press, the outlet of which was sampled to gain SW2 for the investigations.
From SW2, several samples were examined, which were taken at different times.

Matrix-free ammonium chloride solution (c0 = 1000 mg/L NH4-N) was prepared by
dissolving NH4Cl in distilled water.

Table 1 summarizes the physical properties and constituents of the examined sludge waters.
Both sludge waters showed only minor differences in composition except of COD

(chemical oxygen demand) and PO4-P. The COD concentration in SW1 was about twice as
high as in SW2, but the dissolved COD concentration (filtered by 0.45 µm nylon membrane)
was similar. Presumably, the retention of COD-causing particles in the sludge dewatering
of SW1 was less efficient than in SW2. In addition, the concentration of PO4-P in SW1 was
considerably higher (factor 10).

In Table 2 the elementary composition of the examined sludge waters is listed.
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Table 2. Elementary composition of the examined slugde waters.

Element Unit SW1 SW2

B mg/L 0.5 0.294–0.390
Na mg/L 126 129–132
Mg mg/L 49.5 52.0–62.4
Al mg/L 0.472/0.823 0.163–1.05
K mg/L 234 87.5–91.0
Ca mg/L 65 137–146
Cr mg/L 0.002 <0.0001
Fe mg/L 7.6 13.6
Ni mg/L 0.15 0.030–0.042
Cu mg/L 0.015 0.012–0.026
Zn mg/L n.d. 0.036–0.060
As mg/L <0.2 <0.0001
Se mg/L 0.12 n.d.
Rb mg/L 0.163 0.070
Sr mg/L 0.075 0.721–0.770
Cd mg/L <0.02 <0.0001
Cs mg/L 0.024 <0.003
Ba mg/L <0.02 0.012
Hg mg/L <0.02 <0.0001
Tl mg/L <0.02 <0.0001
Pb mg/L <0.005 0.002

n.d.: not detected.

The investigated sludge waters contained very low concentrations of heavy metals.
They differed in their concentration of potassium and calcium, whereas the sodium and
magnesium concentrations were almost identical.

Cations competing with ammonium ions for sorption sites such as K+ and Na+

were present in lower concentrations (K+: SW1: 234 mg/L = 6.0 mmol/L; SW2:
87.5–91.0 mg/L = 2.2–2.3 mmol/L; Na+: SW1: 126 mg/L = 10.3 mmol/L; SW2: 129–
132 mg/L = 5.6–5.7 mmol/L) as ammonium (SW1: 967 mg/L NH4-N = 67.7 mmol/L;
SW2: 718–913 mg/L NH4-N = 51.3–65.2 mmol/L). Accordingly, ammonium was
present in multiple excess (SW1: [NH4

+]/[K+] ≈ 5; [NH4
+]/[Na+] ≈ 10; SW2: [NH4

+]/
[K+] ≈ 234–30; [NH4

+]/[Na+] ≈ 9–12).
The ion ratios of ammonium to potassium and sodium were more favorable (high

ammonium surplus) than in leachate from a sewage sludge landfill ([NH4
+]/[Na+] ≈ 2.7;

[NH4
+]/[K+] ≈ 14.6 [16]) and leachate ([NH4

+]/[K+] ≈ 2.2; [NH4
+]/[Na+] ≈ 0.9 [19]),

whereas a larger ammonium surplus was set in synthetic wastewater ([NH4
+]/[K+] ≈ 17.3;

[NH4
+]/[Na+] ≈ 6.9 [20]).

2.3. Experimental Design

2.3.1. Isoelectric State of CLI and pH-Dependent Adsorption

Both sludge waters were adjusted to pH values ranging from 2 to 12 by HCl or NaOH
prior to the experiment. A fixed specific sorbent mass at a ratio of 0.1 g CLI per mg NH4-N
was employed. Sorbent (20 g) and solution (200 mL) were stirred for 20 h on a magnetic
stirrer (400 rpm) at room temperature (295 K) in closed bottles, subsequently membrane-
filtered (0.45 µm pore size), and then the pH value as well as the ammonium concentration
were determined. The initial pH values of the solutions were compared with those of the
filtrates. The isoelectric state is the point at which both pH values are identical.

Sodium ions, which are added to the sample by NaOH to adjust the pH, compete with
ammonium for the sorption sites in the CLI. In order to show the influence of the sodium
ions without additionally pH value, equimolar NaCl was added. All experiments were
conducted as triplicates. The titration curves of NH4Cl solution, SW1 and SW2 are also
depicted in Appendix A.
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2.3.2. Isothermal Adsorption

Since sludge water originates from the digestion tower, operated moistly at mesophilic
conditions, the influence of temperature on CLI loading was investigated. For this purpose,
temperatures of 307 K (34 ◦C, mesophilic conditions in the digestion tower, considering
small heat losses), 295 K (22 ◦C, room temperature) and 283 K (10 ◦C) were tested.

Since the ammonium concentration in the sludge water could not be changed, the
amount of sorbent mass m (g) was varied instead. Thus, different quantities ranging
from 2 g to 48 g sorbent were mixed with 200 mL sludge water Vp (mL) and stirred at a
constant temperature (283 K, 295 K, and 307 K) on a magnetic stirrer at 400 rpm. After 20 h,
the residual ammonium concentration ceq (mg/L) as well as the pH in the filtrate were
determined. Since the pH barely varied between the different dosages and a competing
adsorption by Na+ or H3O+ cations as well as a dilution due to the pH adjustment was
to be avoided, a pH correction was not conducted. One experimental approach without
sorbent for each examined pH was used to determine unwanted ammonium elimination,
e.g., by stripping or adsorption onto parts of the glass apparatus. All experiments were
conducted as triplicates. The ammonium concentration in the filtrate of that approach is
expressed as cB (mg/L). The loading qeq (mg/g) of the sorbent mass was determined by
Equation (1).

qeq =
(c0 − (c 0 − cB) − ceq)× ( VP

1000 )

m
(1)

2.3.3. Adsorption Kinetics

The influence of temperature (283 K–307 K; constant specific sorbent ratio of
0.1 gCLI/mgNH4-N; non pre-loaded CLI), the influence of the specific sorbent ratio
(0.05–0.2 g CLI per mg NH4-N; constant temperature 295 K; non pre-loaded CLI),
as well as the influence of pre-load (0–11.4 mgNH4-N/gCLI; constant sorbent ratio
0.1 gCLI/mgNH4-N; constant temperature 307 K) were investigated in kinetic experi-
ments. Furthermore, a matrix-free ammonium chloride solution (c0 = 1000 mg/L NH4-
N) was examined as well. The sorption properties of CCP 20, including isoelectric state,
pH-dependent elimination, isothermal adsorption, and thermodynamic properties
were already investigated with similar matrix-free solution by Wasielewski et al. [10].

CCP 20 was mixed with the sample (1.5 L) on a magnetic stirrer. All experiments
were conducted as triplicates. At periodic intervals, an aliquot (10 mL) was taken and
immediately membrane-filtered (nylon membrane, 0.45 µm pore size) to prevent further
contact between sorbent (CLI) and sample (NH4Cl solution or sludge water). Subsequently,
the ammonium concentration was measured in the filtrate and the time-dependent loading
of the sorbent q(t) (mg/g) was calculated. Since it is known from published studies that the
adsorption kinetics strongly depend on the stirring speed [21–23], a high rotation frequency
of 800 rpm was chosen to determine the maximum possible adsorption kinetic values. Due
to sampling during the test, the total volume was continuously reduced. However, it can
be assumed that during the sampling no change in the ratio of the sorbent mass to the
volume of the solution occurred due to the homogeneously mixed conditions.

2.4. Adsorption Models

2.4.1. Freundlich Model

The nonideal, reversible adsorption of a heterogenous surface is described by the
empirical Freundlich model [24]. It is not possible to calculate a complete loading, as the
sorbent sites can be occupied in several layers. The loading of the sorbent qeq,F (mg/g) can
be calculated by exponentiation of the corresponding equilibrium concentration ceq (mg/L)
with the factor 1/n (–), as described by Equation (2).

qeq,F = KF c
1
n
eq (2)
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Calculation methods for determining the constants KF and 1/n with the help of nonlin-
ear regression or linearization are given, e.g., by Ho et al. [25]. In this study, the linearization
was done by plotting log qeq versus log ceq. The gradient of the graph corresponds to n,
while the tenth power of the intercept represents KF.

2.4.2. Langmuir Model

A monomolecular layer of adsorbate on the available sorption sites is assumed accord-
ing to the adsorption model of Langmuir [26]. Thus, the properties of the sorbent sites are
identical and equivalent, so that a determination of the maximum adsorption capacity is
possible. The loading of sorbent is calculated according to Equation (3), where KL (L/mg)
is the Langmuir constant and qmax (mg/g) the maximum capacity.

qeq,L =
qmaxKLceq

1 + KLceq
(3)

The constants can either be deduced from linear or nonlinear regression based on
measurement results. By plotting ceq/qeq vs. ceq, 1/qeq vs. 1/ceq, qeq vs. qeq/ceq, or qeq/ceq vs. qeq,
a linear relationship for Equation (3) can be deduced [27]. Table 3 lists the four possible
linear forms for determining Langmuir constants. In this study, only the type of isotherm
with the highest coefficient of determination r2 is listed. The coefficient of determination r2

of the nonlinear form of the Langmuir isotherm and the experimentally determined loads
qeq and the arithmetical average loads qeq were calculated according to Equation (4).

r2 =
∑

(

qeq,L − qeq

)2

∑

(

qeq,L − qeq

)2
+ ∑

(

qeq,L − qeq

)2 (4)

Table 3. Linear forms of the Langmuir isotherm (according to [28]).

Type Linear Form Plot KL qmax

I ceq

qeq
= 1

qmaxKL
+

ceq

qmax

ceq

qeq
vs. ceq slope/intercept 1/slope

II 1
qeq

=
[

1
qmaxKL

]

1
ceq

+ 1
qmax

1
qeq

vs. 1
ceq

intercept/slope 1/intercept

III qeq = qmax −

[

1
KL

]

qeq

ceq
qeq vs. qeq

ceq
1/slope intercept

IV qeq

ceq
= qmaxKL − ceqKL

qeq

ceq
vs. qeq (−1) slope intercept/slope

2.4.3. Temkin Model

The isothermal loading of sorbents according to Temkin ([29] in [30]) is extended by
the temperature parameter. Accordingly, the adsorption enthalpy is linearly proportional
to the loading on the sorbent [31]. The form of the isotherm used in this work is taken from
Ho et al. [25] (Equation (5)), where R is the universal gas constant (8.314459 J/(mol K)),
T the temperature (K), bT (1/mol), and AT (L/mg) the Temkin isothermal constants.

qeq,T =
RT

bT
ln
(

ATceq

)

(5)

The linearized form of the Temkin isotherm is shown in Equation (6).

qeq,T =
RT

bT
ln(AT) +

RT

bT
ln
(

ceq

)

(6)

In a plot of ln ceq vs. qeq, the term RT/bT is represented by the slope, whereas the
intersection with the ordinate represents the term RT ln(AT)/bT. Subsequently, bT and AT

can be deduced.
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2.4.4. Thermodynamic Calculations

Energy adsorption or release, i.e., temperature increase or decrease, can be observed
during the adsorption process. The standard free energy ∆G0 (kJ/mol) can be calculated
according to the following Equation (7)

∆G0 = − RTln(Kd) (7)

where Kd is the thermodynamic equilibrium constant, here the Freundlich constant (L/g).
According to Milonjic [32], it should be noted that Kd must be dimensionless. Therefore,
the use of the temperature-dependent equilibrium constant KF must be corrected by a
factor of 1000 g/L (density of water) into its dimensionless form. The relationship of the
other thermodynamic parameters such as change in enthalpy ∆H0 (kJ/mol) and change
in standard entropy ∆S0 (J/(mol K)) can be derived by means of the Gibbs–Helmholtz
Equation (8).

∆G0 = ∆H0 − T∆S0 (8)

From the plot of the logarithmic equilibrium constant Kd against the reciprocal value
of the temperature 1/T (Van’t–Hoff diagram), a linear correlation can be derived. Here, the
gradient corresponds to the quotient of the negative change in the free standard enthalpy
∆H0 and the universal gas constant R. Furthermore, the quotient of the change of the
free molar standard entropy ∆S0 and the universal gas constant can be derived from the
axis section.

Endothermic adsorption is described by a positive value of ∆H0, meaning energy is
absorbed by the adsorption process. A negative value indicates exothermic adsorption,
meaning energy is being released. A spontaneous (exergonic) adsorption is expressed by
negative ∆G0, while negative ∆S0 indicates a random adsorption behavior.

2.5. Kinetic Models

2.5.1. Intraparticle Diffusion

A mathematical description of the diffusion process is provided by the intraparticle
diffusion model (ID). It presumes a correlation between the loading rate kID (mg/(min0.5 g)) and
the square root of the contact time t (min) ([33] in [34]). However, McKay et al. [35] extended
this model by the constant C (mg/g), which is proportional to the thickness of the boundary
layer as well as the initial adsorption by it. The time-dependent loading of the sorbent q(t)ID

(mg/g) can be calculated by Equation (9).

q(t)ID = kIDt0.5 + C (9)

To determine the loading rate kID, q(t) versus t0.5 is plotted. The slope of the resulting
graph corresponds to kID while the intersection with the ordinate corresponds to C. Sole
intraparticle diffusion occurs when the graph intersects the origin (C = 0). If a multistage
diffusion process is present, two or more partial lines passing into each other can be
approximated to the existing empirical measuring points of q(t).

2.5.2. Pseudo-Second-Order

The time-dependent loading of the sorbent can be described by the pseudo-second-
order (PSO) model according to Ho and McKay [36]. However, it is not possible to
deduce the prevailing adsorption kinetic processes when using this model. It offers a
macroscopic view of the adsorption process, based on the assumption that the adsorption
rate is dependent on the loading of the ion exchange material at a certain point in time and
its equilibrium state. The differential form of the PSO, i.e., as the differential of the load q(t)
(mg/g) at any time t, is given in Equation (10)

dqt,PSO

dt
= k2(qe − qt)

2 (10)
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where k2 is the pseudo-second-order rate (mg/(g min)) and qe (mg/g) the load at equilibrium.
From the integration of Equation (10) with the boundary conditions q(t) = 0 at t = 0 and
q(t) = q(t) at t = t, four different linear forms of the PSO model can be obtained (Table 4).

Table 4. Linear forms of PSO model (according to [37]).

Type Linear Form Plot k2 qe

I t
q(t)

= 1
k2q2

e
+ t

qe

t
q(t)

vs t (slope)2/intercept 1/slope

II 1
q(t)

=
[

1
k2q2

e

]

1
t +

1
qe

1
q(t)

vs 1
t (intercept)2/slope 1/intercept

III q(t) = qe −

[

1
k2qe

]

q(t)
t q(t) vs q(t)

t

(−1)/(slope ×

intercept) intercept

IV q(t)
t = k2q2

e − kqeq(t)
q(t)

t vs q(t) (slope)2/intercept −intercept/slope

In this study, only the type with the highest coefficient of determination r2 (Equa-
tion (4)) is listed. All calculations in this study were conducted using Microsoft Excel
2019.

2.6. Analytical Methods

Ammonium was measured according to German standard DIN 38406-5 [38]. At a
pH of about 12.6, ammonium cations and ammonia contained in the sample react with
hypochlorite ions and salicylate ions in the presence of sodium pentacyanonitrosylferrate
(2-)(nitroprusside sodium) as a catalyst to form a blue dye. The required hypochlorite ions
are formed in the alkaline medium by hydrolysis of the dichloroisocyanuric acid ions. The
spectral absorbance of the blue dye at 655 nm wavelength is linearly proportional to the
ammonium concentration.

For determination of pH, probes (SenTix 950 + Multi 3430, WTW, Weilheim, Germany)
were used.

F-, Cl-, NO2-N, NO3-N, Br-, SO4
2-, and PO4-P were analyzed according to ISO 10304-

1 [39] using the Dionec ICS-110 ion chromatograph (Thermo Fischer Scientific, Waltham,
MA USA). Before the determination, the sample was filtered through a C18 cartridge (Strata
C18-E (55 µm, 70 Å), Phenomenex, Torrance, USA) and diluted if necessary.

To determine the elementary composition of the sludge waters, 44 mL of sample were
admixed with 2 mL HCl (32%), 3 mL HNO3 (65%), 1 mL H2O2 (30%) and digested by a
microwave (Start, MLS GmbH, Leutkirch, Germany) with a selected program run of 10 min
at 443 K and a subsequent cooling phase of 20 min.

To determine the chemical elements of the zeolite, 0.3 to 0.5 g of the CLI were weighed
and mixed with 6 mL HNO3 (65%), 4 mL HF (48%), and 2 mL HCl (32%). The mixture was
digested by microwave with a selected program run of 10 min at 383 K, then 5 min at 413 K,
and finally 9 min at 463 K. Together with the cooling phase, the digestion lasted 64 min.

Heavy metals were analyzed by inductively coupled plasma mass spectrometry
(Nexion 2000, Perkin Elmer, Waltham, MA, USA).

3. Results and Discussion

3.1. Isoelectric State of CLI and pH-Dependent Adsorption

In Figure 1 the final pH of SW1 and SW2 filtrates are plotted as a function of the initial
pH after contact with CCP 20. The arbitrary pH value of SW1 was 7.9 and that of SW2 was
8.0. In the alkaline range, no considerable change in the pH was observed. This can be
attributed to the decrease in ammonium uptake, as uncharged NH3 is formed at pH >8,
which is not adsorbed by the CCP 20. As a result, no cations are eluted that could lead to a
change in the pH.
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Figure 1. Final pH of the filtrates after 20 h contact with CCP 20 (SW1: c0 = 967 mg/L NH4-N; SW2:
c0 = 927 mg/L NH4-N; T = 295 K; sorbent ratio 0.1 gCLI/mgNH4-N) as a function of the initial pH
(adjusted pH of the solution before contact with CLI).

The pH increased in the acidic range (2–6), which can be attributed to the removal
of NH4

+ and the elution of cations (e.g., Na+, K+, Ca2+, and Mg2+). The isoelectric state
(pHISO) of CCP 20 with both sludge waters occurred at pH values of 8 and 10. The same
values of pHISO were also determined after contact of CCP 20 with matrix-free NH4Cl
solution [10]. Hence, an influence of the sludge water matrix on the pHISO is not detectable.
Furthermore, Figure 1 shows the pH after spiking SW1 with equimolar NaCl instead of
NaOH; the latter was added to the sample to adjust the pH. When spiked with NaCl
(23–168 mmol/L), the pH remained at approx. 8.

Figure 2 depicts the elimination of ammonium from SW1 and SW2 by CCP 20 as a
function of the initial pH. Furthermore, the degree of dissociation α of the NH4

+/NH3
system is plotted over the initial pH.

 

α

Figure 2. Elimination of ammonium from sludge water by CCP 20 (SW1: c0 = 967 mg/L NH4-N;
SW2: c0 = 927 mg/L NH4-N; T = 295 K; sorbent ration 0.1 gCLI/mgNH4-N) after 20 h contact time as
a function of different initial pH of the sludge water (adjusted pH before contact with CCP 20); in
addition, the influence of an equimolar amount of Na+ (from NaCl instead of NaOH to raise the pH)
on the elimination is shown; degree of dissociation of ammonium in grey.

In the pH-range from 2 to 8 a consistent elimination between 66% and 81% was
determined. A decrease in the elimination could be observed with pH values above 8.
For SW1, the elimination decreased from 79% at pH 8 to 58% at pH 9 (59% at pH 10) and
dropped to 24% at pH 12.2. At the same pH, the elimination from SW2 decreased from
81% to 55% (57% at pH 10) and finally to 19% (at pH 12). The batches with NaCl instead
of NaOH indicate that the influence of sodium ions competing for sorption sites on the
elimination is inferior to the influence of the pH. Although the elimination already declined

185



Molecules 2021, 26, 114

from 79% to 62% due to the addition of Na+ (from NaCl), the equimolar amount of NaOH,
which increased the pH to 12.2, led to an even lower elimination of only 24%.

When comparing these results with results from similar experiments with matrix-free
solution (pH 9: 73% elimination; pH 12.2: 20% elimination [10]), only a slightly negative
influence of the SW matrix becomes apparent. Table 2 shows that both SW1 and SW2 had
constituents (e. g., K+, Na+) that compete with ammonium for adsorption sites

Comparable studies with leachate have reported an elimination of 68% at pH 7 [22].
At pH 7 a higher loading (q = 17.7 mg/g) was achieved from swine liquid manure as
compared to the arbitrary pH 8.2 (q = 12.5 mg/g) [17]. Furthermore, investigations with
artificial swine wastewater stated that most ammonium was removed at pH 7, also showing
a strong decrease in sorption with increasing pH [39]. On the contrary, the sorption of
ammonium from drinking water was not affected by pH in the range of 5–9 [40].

The results here reveal that at a pH of 7, ammonium is eliminated to a high degree. In
contrast to the literature results, a high degree of elimination could be realized with CCP
20 at arbitrary pH (7.9 or 8.0). A higher pH, however, should be avoided.

3.2. Isothermal Adsorption

Figure 3 displays the equilibrium loading qeq of CCP 20 and the corresponding equilib-
rium concentration ceq after 20 h contact time with SW1 and SW2 at different temperatures
(283 K, 295 K, and 307 K). The lines represent the Freundlich equation, which gained the
highest degree of determination of all tested isothermal equations (Freundlich, Langmuir,
Temkin). The coefficients of the isothermal equations and their coefficient of determination
are listed in Table 5. From the high concordance with the Freundlich isotherm, it can be de-
duced, that CLI has a heterogeneous surface, resulting in non-ideal sorption. Furthermore,
the sorption process from sludge water is non-ideal, e.g., possible multiple occupancy of a
sorption site as well as not all sorption sites are occupied.

 

≈
≈

≈ ≈
≈ ≈

Figure 3. Equilibrium load qeq and equilibrium concentration ceq of CCP 20 and Freundlich isotherm
of CCP 20 after 20 h contact time with SW1 or SW2 at different temperatures (SW1: c0 = 967 mg/L
NH4-N; initial pH 8.1; final pH 7.6–8.6. SW2: c0 = 866–913 mg/L NH4-N; initial pH 7.9; final pH 7.2–
8.0).
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Table 5. Coefficients of isothermal adaptation according to Freundlich, Langmuir and Temkin for
CCP 20 after 20 h contact time with SW1 or SW2 at different temperatures (SW1: c0 = 967 mg/L
NH4-N; initial pH 8.1; final pH 7.6–8.6. SW2: c0 = 866–913 mg/L NH4-N; initial pH 7.9; final pH
7.2–8.0).

Temperature Freundlich Langmuir Temkin

T KF 1/n r2 KL qmax r2 AT bT r2

[K] [L/g] [−] [−] [L/mg] [mg/g−] [−] [L/mg]
[J g

/(mg
mol)]

[−]

SW1
283 0.590 0.440 0.9087 0.005 12.38 0.5351 0.0495 846 0.8989
295 0.811 0.385 0.9006 0.007 11.42 0.5202 0.0716 954 0.9180
307 0.777 0.436 0.9603 0.005 17.31 0.5377 0.0631 735 0.9173

SW2
283 0.998 0.337 0.6701 0.006 11.68 0.5137 0.1188 1209 0.6828
295 0.759 0.440 0.9711 0.005 16.64 0.5386 0.0670 724 0.9311
307 0.596 0.464 0.8964 0.005 15.08 0.5257 0.0549 798 0.9322

The pH of the filtrate of SW1 (initial pH 8.1) changed independently to values between
7.6 and 8.6 during contact, and to 7.2 to 8.0 for SW2 (initial pH 7.9), whereby the former
occurred with low sorbent masses and the latter was determined in a blind test without
sorbent. As a result, the pH value dropped slightly due to the sorption process.

The highest equilibrium load of CCP 20 with ammonium from SW1 was 16.1 mg/g at
307 K. However, this was considerably lower by 13% than observed for matrix-free solution
(NH4Cl) with a similar concentration of 1000 mg/L NH4-N (qeq = 18.8 mg/g [10]). From
SW2, the highest equilibrium load was 15.3 mg/g at 295 K (18% lower than from matrix-
free solution). The load was lower at 307 K, but this was probably due to an alteration in
the ammonium concentration in SW2 between the tests.

The minor loading of CCP 20 compared to matrix-free solution could be ascribed to
the constituents in the sludge water, which interfere with the sorption process and thus
lead to a reduction of the adsorption capacity. In particular, the deeper sorption sites in the
framework of the CLI are probably more difficult to access. Access pores may be blocked
or sorption sites may be occupied by other constituents in the sludge water. Furthermore,
blocking of zeolite pores could be caused e.g., by solids. In addition, the viscosity of
the sludge water changes depending on the temperature, which could also influence the
loading of the CLI.

A decrease in the adsorption capacity of zeolite due to the wastewater matrix has been
reported in several publications [16,17]. By using swine manure (c0 = 7700 mg/L NH4

+)
instead of NH4Cl solution (c0 = 7700 mg/L NH4

+), the uptake capacity of the tested CLI
decreased from 10 mg/g to 2 mg/g [17]. To a similar extent as was found in this paper, a
decrease of 10–20% of the adsorption capacity when using leachate from a sewage sludge
landfill (c0 = 115.16 mg/L NH4-N) instead of NH4Cl solution (c0 = 119.48 mg/L NH4-N) was
reported [16]. The authors attributed this to ions such as Na+, K+, Mg2+, and Ca2+ with ion
ratios of ammonium to potassium of [NH4

+]/[K+] ≈ 14.6 and sodium of [NH4
+]/[Na+] ≈ 2.7

in the leachate. However, in both sludge waters investigated ammonium was present in
multiple excess (SW1: [NH4

+]/[K+] ≈ 5; [NH4
+]/[Na+] ≈ 10; SW2: [NH4

+]/[K+] ≈ 24–30;
[NH4

+]/[Na+] ≈ 10–12) and thus ammonium dominated the sorption process.
The determined ion ratio of ammonium to potassium and sodium in SW1 and SW2

was higher than reported by Wang et al. [16], but the difference in load between sludge
water and matrix-free solution [10] was within the same magnitude. Obviously, the capacity
of CCP 20 is influenced by both, the cations contained in the sludge water and by the
matrix of the sludge water.
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3.3. Thermodynamic Properties

Table 6 lists the determined thermodynamic state variables free reactivity enthalpy
∆G0, free standard enthalpy ∆H0, and molar standard entropy ∆S0 after 20 h contact time
of CCP 20 with SW1 and SW2.

Table 6. Thermodynamic properties of CCP 20 after 20 h contact time with SW1 or SW2 (SW1:
c0 = 967 mg L−1 NH4-N; Initial pH 8.1; Final pH 7.6–8.6. SW2: c0 = 866–913 mg L−1 NH4-N; Initial
pH 7.9; Final pH 7.2–8.0).

Sorptive Temperature
Free Reaction

Enthalpy
Free Standard

Enthalpy
Molar Standard

Entropy

T ∆G0 ∆H0 ∆S0

[−] [K] [kJ/mol] [kJ/mol] [J/(K mol)]

283 −15.0
SW1 295 −16.4 8.5 84.3

307 −17.0

283 −16.2
SW2 295 −16.3 −15.5 2.6

307 −16.3

In the examined temperature range (283–307 K), an exergonic, i.e., voluntary sorption
process of ammonium to CLI, can be deduced from to the negative free reaction enthalpy
∆G0. The free standard enthalpy ∆H0 was positive for SW1, i.e., an endothermic reaction
was present. In contrast to this, an exothermic reaction was observed for SW2. The positive
molar standard entropy ∆S0 indicates a directed process. Independent of the matrix, the
reaction of ammonium with CLI is voluntary and directed.

From experiments with CLI and matrix-free solution, an exergonic reaction was also
reported with ∆G0 ranging from −2.8662 to 0.22 kJ/mol [41], −0.79 to 1.63 kJ/mol [42], and
−0.22 to 1.60 kJ/mol [43]. In this study, the values of ∆G0 ranged from −15 to −17 kJ/mol.
The much lower values regarding ∆G0 of this study can be attributed to the smaller particle
size and therefore short diffusion pathways of cations into the CLI. For their experiments,
Alshameri et al. [41], Gunay [42], and Karadag et al. [43] used zeolites with larger particle
sizes such as 0.063–0.074 mm, 0.3–0.6 mm, and 1.0–1.4 mm.

On the contrary to the results published by other researchers (∆H0: −49.384, −22.34,
−5.43, −15.38 kJ/mol [41–44]), which indicate that adsorption of ammonium is exothermic,
a slightly endothermic adsorption from SW1 (∆H0: 8.5 kJ/mol (SW1)) was found. However,
adsorption from SW2 was exothermic (∆H0: −15.5 kJ/mol).

Furthermore, results reported with negative values of ∆S0 (−0.1561, −43.03, −49.34,
−74.42 kJ/(mol K) [41–44]) indicate decreasing ammonium uptake due to increasing
randomness. In contrast to this, a strongly directed adsorption process, as indicated by
positive ∆S0 values ranging between 2.6 J/(K mol)−1 (SW2) and 84.3 J/(K mol)−1 (SW1),
was achieved.

3.4. Kinetic Studies

3.4.1. Influence of Temperature on Kinetics

In Figure 4, the loading of CCP 20 with ammonium from sludge water at various
temperatures (283 K to 307 K) after different contact times (up to 180 min) is depicted. The
sorption kinetics at the investigated temperatures are fit to the ID model.
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Figure 4. Loading q(t) of CCP 20 as a function of contact time t at different temperatures (283–307 K)
and fit to the ID model (specific sorbent ratio: 0.1 gCLI/mgNH4−N; NH4Cl solution: c0 = 1000 mg/L
NH4-N; initial pH 5.3; final pH 6.3–7.0; SW1: c0 = 967 mg/L NH4-N; initial pH 7.6; final pH 7.4–8.3;
SW2: c0 = 913 mg/L NH4-N; initial pH 7.6; final pH 6.5–8.2).

Over the entire temperature range, a rapid adsorption of ammonium by CCP 20 was
observed. Within the first five minutes, a high loading occurred, independently of the
sludge water matrix.

Table 7 shows the coefficients of the kinetic fit according to both, PSO and ID model,
the latter of which achieved a higher coefficient of determination.
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Table 7. Coefficients of the sorption kinetics according to the PSO and ID models of CCP 20 at different
temperatures (283–307 K, specific sorbent ratio: 0.1 gCLI/mgNH4−N; NH4Cl solution: c0 = 1000 mg/L
NH4-N; initial pH 5.3; final pH 6.3–7.0; SW1: c0 = 967 mg/L NH4-N; initial pH 7.6; final pH 7.4–8.3;
SW2: c0 = 913 mg/L NH4-N; initial pH 7.6; final pH 6.5–8.2).

Temperature Sorptive Pseudo-Second-Order Intraparticle Diffusion

T k2 qe r2 kID C r2

[K] [−] [g/(mg min)] [mg/g] [−] [mg/(min0.5 g)] [mg/g] [−]

283 0.065 6.60 0.6853 0.159 4.88 0.9642
295 NH4Cl 0.064 6.99 0.8319 0.159 5.25 0.8852
307 0.090 7.53 0.9153 0.129 6.16 0.8467

283 0.056 6.23 0.6116 0.172 4.32 0.5236
295 SW1 0.043 7.19 0.7486 0.208 4.84 0.9566
307 0.070 7.87 0.8641 0.161 6.16 0.9228

295 SW2 0.041 6.34 0.7231 0.185 4.19 0.9704
307 0.037 7.89 0.8370 0.252 5.12 0.9386

From the PSO model, an increase of k2 from 0.065 g/(mg min) to 0.090 g/(mg min)
could be derived with increasing temperature of the matrix-free NH4Cl solution. For
SW1, k2 first decreased with increasing temperature from 0.056 g/(mg min) (at 283 K)
to 0.043 g/(mg min) (295 K), but then increased to 0.070 g/(mg min) (307 K). With SW2,
k2 remained almost unchanged with 0.041 g/(mg min) (at 295 K) and 0.037 g/(mg min) (at
307 K). Thus, the sludge-water matrix caused a reduction of the sorption rate k2. Tempera-
ture only had a minor effect on the sorption rate in the range of 283–295 K. The equilibrium
load qe was similar for all samples, with a higher value for qe being obtained with increasing
temperature.

For all three matrices, an increase in the initial sorption C was observed with increasing
temperature, whereas the sorption rate kID was only slightly affected. In the case of the
matrix-free solution, kID decreased from 0.159 mg/(min0.5 g) at 283 K to 0.129 mg/(min0.5 g)
at 307 K. In contrast, kID increased slightly with SW1 between 283 K and 295 K. This low
coefficient of determination of the sorption kinetics at 283 K indicates that no ID was
present at low temperatures. Nevertheless, it was also shown that the kinetics at 295 K
slowed down. Here, kID decreased from 0.208 mg/(min0.5 g) to 0.161 mg/(min0.5 g).

Regardless of the sorption kinetics, it should be recognized that ammonium uptake
was mainly affected by initial sorption, which in turn was greater at higher temperatures.
After the CCP 20 was in contact with the matrix-free solution or sludge waters for 30 min
at 307 K, a load between 6.88 mg/g (SW2) and 7.15 mg/g (SW1) of was determined.

Similar conclusions regarding a decrease of the sorption rate as a result of an increase
in temperature were described according to the PSO model (NH4Cl solution) [43]. Fur-
thermore, it was concluded that this was an exothermic process, which was slower due to
increased temperatures. On the other hand, it was found that k2 was reduced and kID in-
creased due to increased temperature [23]. Consequently, the equilibrium was reached later.
However, the values reported by Erdoğan and Ülkü [23] for kID with 4.8 10−3 mg/(min0.5 g)
at 298 K and 5.4 10−3 mg/(min0.5‘g) at 313 K were about a factor of 30 lower than the
values obtained with CCP 20. This is probably ascribed to the larger particle sizes of the
CLI (0.85–2.00 mm [23]) investigated.

3.4.2. Influence of the Specific Dosage on Kinetics

Figure 5 displays the loading q(t) as a function of the contact time t of CCP 20 at differ-
ent specific sorbent dosages (0.05–0.2 gCLI/mgNH4N) after contact with NH4Cl solution as
well as SW1 and SW2. In addition, the fit of the ID model, which had gained the highest
coefficient of determination, is shown. A load between 3.07 mg/g and 7.25 mg/g was
realized after only 5 min, regardless of the matrix. After 30 min contact time, depending
on the specific sorbent addition (0.05–0.2 gCLI/mgNH4N), a loading of between 4.15 mg/g
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and 7.56 mg/g was obtained with the NH4Cl solution. However, after 60 min, the load
increased to values between 4.30 mg/g and 8.34 mg/g and after 120 min to between
4.41 mg/g and 8.66 mg/g.

 

− −

Figure 5. Loading q(t) of CCP 20 as a function of the contact time t after different specific sorbent ratios (0.05–0.2 gCLI/mgNH4-N)
aligned with the ID model (T = 295 K; NH4Cl solution: c0 = 1000 mg/L NH4-N; initial pH 5.3; final pH 6.3–7.0; SW1:
c0 = 967 mg/L NH4-N; initial pH 7.6; final pH 7.5–8.5; SW2: c0 = 718–913 mg/L NH4-N; initial pH 7.6; final pH 7.7–8.2).

Table 8 displays the coefficients of the sorption kinetics according to the PSO model
and the ID model. The high coefficients of determination of the ID model indicate the
limitation of the sorption rate by intraparticle diffusion.
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Table 8. Coefficients of the sorption kinetics according to the PSO and ID models of CCP 20 after
different sorbent loads (T = 295 K; NH4Cl solution: c0 = 1000 mg/L NH4-N; initial pH 5.3; final pH
6.3–7.0; SW1: c0 = 967 mg/L NH4-N; initial pH 7.6; final pH 7.5–8.5; SW2: c0 = 718–913 mg/L NH4-N;
initial pH 7.6; final pH 7.7–8.2.

Specific
Sorbent
Dosage

Sample Pseudo-Second-Order Intraparticle Diffusion

mS k2 qe r2 kID C r2

[gCLI/mgNH4N] [g/(mg
min)] [mg/g] [−] [mg/(min0.5 g)] [mg/g] [−]

0.05 0.041 8.84 0.7704 0.225 6.31 0.9119
0.1 NH4Cl 0.064 6.99 0.8319 0.159 5.25 0.8852
0.2 0.154 4.45 0.7605 0.058 3.78 0.7595

0.05 0.048 9.26 0.7849 0.202 7.00 0.8543
0.1 SW1 0.043 7.19 0.7486 0.208 4.84 0.9566
0.2 0.188 4.45 0.8355 0.063 3.77 0.9134

0.05 0.008 8.56 0.8305 0.410 2.93 0.9500
0.1 SW2 0.020 6.78 0.7309 0.185 4.19 0.9704
0.2 0.062 4.35 0.8263 0.135 2.84 0.9647

The coefficients of the PSO model and the ID model indicate that the sorbent dosage
has a decisive influence on the rate of ammonium uptake. In the investigated samples,
k2 increased with increasing sorbent dosage, i.e., the sorption equilibrium was achieved
earlier. With the lowest specific sorbent dosage of 0.05 gCLI/mgNH4-N, k2 was between
0.008 g/(mg min) (SW2) and 0.048 g/(mg min) (SW1) and rose disproportionately with
a specific dosage of 0.2 gCLI/mgNH4-N to 0.062 g/(mg min) (SW2), 0.154 g/(mg min)
(NH4Cl) or even up to 0.188 g/(mg min) (SW1). In contrast, the load qe decreased from
9.26 mg/g (SW2) to 4.35 mg/g (SW1) with increasing sorbent dosage. The values for
kID became smaller with increasing sorbent loading, i.e., the sorption equilibrium was
achieved earlier. Thus, kID values of 0.410 mg/(min0.5 g) (SW2), 0.202 mg/(min0.5 g)
(SW1), and 0.225 mg/(min0.5 g) (NH4Cl) where reached at a dosage of 0.05 gCLI/mgNH4-N,
which then decreased to 0.135 mg/(min0.5 g) (SW2) and 0.063 mg/(min0.5 g) (SW1) and
0.058 mg/(min0.5 g) (NH4Cl), respectively, at a dosage of 0.2 gCLI/mgNH4-N. The constant
C, which is proportional to the thickness of the boundary layer and represents the initial
sorption, was also reduced from 6.31 mg/g to 3.78 mg/g (NH4Cl), from 7.00 mg/g to
3.77 mg/g (SW1), and from 4.19 mg/g to 2.84 mg/g (SW2) when a larger sorbent dosage
(0.05–0.2 gCLI/mgNH4-N) was applied. This can be ascribed to the fact that with higher
specific dosage, more sorption sites are provided, resulting in a rapid sorbent equilibrium
but lower load.

During the contact time investigated, only a slight influence of the sample matrix
on the load has been observed. Neither was the uptake rate k2 or kID influenced (except
for SW2 at a specific dosage of 0.05 gCLI/mgNH4-N). However, regardless of the matrix,
CCP 20 was in equilibrium after 120 min. In contrast, it was reported that for ammonium
from matrix-free sorption solution one hour of contact time, but for that from the leachate
2.5 h were needed to achieve equilibrium [16]. The authors ascribed this to interfering
cations such as Na+, K+, Mg2+, and Ca2+ ([NH4

+]/[Na+] ≈ 2.7; [NH4
+]/[K+] ≈ 14.6) in the

leachate investigated. However, the high stoichiometric excess of ammonium in the sludge
waters investigated in this work was larger (SW1: [NH4

+]/[K+] ≈ 5; [NH4
+]/[Na+] ≈ 10;

SW2: [NH4
+]/[K+] ≈ 24–30; [NH4

+]/[Na+] ≈ 10–12). Hence, the interfering of competing
cations can be assumed as low. Therefore, no significant difference between matrix-free
solution and sludge water could be determined in this experiment.
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3.4.3. Influence of the Pre-load on Sorption Kinetics

During one sorption process, the CCP 20 may not be completely loaded, e.g., if the
lowest possible residual concentration is to be achieved by a higher dosage of sorbent.
In a process cascade, this partially pre-loaded sorbent could be returned and recontacted
with sludge water. Similarly, a partial regeneration of the sorbent can result in partially
loaded sorbent.

Figure 6 shows the loading q(t) of partially loaded CCP 20 after contact with NH4Cl
solution, SW1, and SW2 as a function of the contact time t. For pre-loading, the sorbent
was brought into contact with the sample for 30 min (q1) or 60 min (q2) at 307 K (based on
the results from Section 3.4.1). In addition, the fit of the ID model is shown, which achieved
the highest coefficient of determination (Table 9).

 

Figure 6. Loading q(t) of CCP 20 as a function of the contact time t of differently pre-loaded CCP 20 (q0–q2 = 0–11.4 mg/g)
and fit with the ID model (specific sorbent dosage: 0.1 gCLI/mgNH4-N; T = 307 K; NH4Cl solution: c0 = 1000 mg/L NH4-N;
initial pH 5.3; final pH 6.0; SW1: c0 = 967 mg/L NH4-N; initial pH 7.9; final pH 7.6; SW2: c0 = 775–913 mg/L NH4-N; initial
pH 7.6; final pH 6.5–8.4).
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Table 9. Coefficients of the sorption kinetics according to the PSO and ID models of CCP 20
with different pre-loads (specific sorbent dosage: 0.1 gCLI/mgNH4-N ; T = 307 K; NH4Cl solution:
c0 = 1000 mg/L NH4-N; initial pH 5.3; final pH 6.0; SW1: c0 = 967 mg/L NH4-N; initial pH 7.9;
final pH 7.6; SW2: c0 = 775–913 mg/L NH4-N; initial pH 7.6; final pH 6.5–8.4).

Pre-Load Matrix Pseudo-Second-Order Intraparticle Diffusion

k2 qe r2 kID C r2

[mg/g−1] [−] [g/(mg min)] [mg/g] [−] [mg/(min0.5 g)] [mg/g] [−]

q0 0 0.090 7.53 0.9153 0.129 6.16 0.8467
q1 7.3 NH4Cl 0.135 12.08 0.8943 0.096 11.07 0.8302
q2 11.4 0.161 11.37 0.7261 0.054 10.69 0.5191

q0 0 0.070 7.87 0.8641 0.161 6.16 0.9228
q1 6.0 SW1 0.042 12.00 0.7325 0.243 9.30 0.9853
q2 9.9 0.050 14.32 0.6985 0.182 12.11 0.7495

q0 0 0.037 7.89 0.8370 0.252 5.12 0.9386
q1 4.0 SW2 0.027 9.06 0.7603 0.316 5.46 0.9846
q2 7.3 0.043 10.85 0.5479 0.229 8.25 0.5210

As Figure 6 shows, the loading of CCP 20 increased with increasing contact time.
Unloaded sorbent is marked as q0, pre-loaded sorbent as q1 and q2, respectively. Pre-
loaded CCP 20 (q1 and q2) adsorbed additional ammonium on contact with the sample. A
considerable change in the load q(t) occurred for the matrix-free NH4Cl solution. However,
CCP 20 pre-loaded with 11.4 mg/g was already close to the sorption equilibrium, so that
no significant increase in loading could be determined.

In contrast, with both wastewater matrices of the sludge waters SW1 and SW2 even at
the highest pre-load (q2(SW1) = 9.9 mg/g and q2(SW2) = 7.3 mg/g), an increase of loading
was achieved.

Table 9 shows the coefficients of the kinetic fit according to the PSO and ID models,
the latter achieving higher coefficients of determination.

Within 5 min contact time, a high initial loading (C = 5.12–6.16 mg/g) of the unloaded
sorbent (q0) was achieved, independent of the sample matrix. When partially pre-loaded
(q1), the loading of the sorbent was considerably increased in all tests; depending on the
pre-loading (approx. 80% for NH4Cl, almost 100% for SW1 and approx. 60% for SW2). In
the first pre-loading step (q1), the initial loading C of NH4Cl increased significantly from
6.16 mg/g (q0) by about 80% to 11.07 mg/g (q1). For SW1, it also increased considerably
from 6.16 mg/g (q0) to 9.30 mg/g (q1), but for SW2 only slightly from 5.12 mg/g (q0) to 5.46
mg/g (q1). In case of the highest preload (q2), the initial load C of matrix-free NH4Cl was
lower (10.69 mg/g), but in case of sludge water it increased (SW1: 12.11 mg/g; SW2: 8.25
mg/g). The decreasing values for kID of SW1 (q1–q2: 0.243–0.182 mg/(min0.5 g)) and SW2
(q1–q2: 0.316–0.229 mg/(min0.5 g)) indicate that the sorbent reached equilibrium faster due
to the partial pre-loading. After 30 min, preloaded (q2) CCP 20 was loaded to an extend
between 9.45 mg/g (SW2) and 13.63 mg/g (SW1).

The fit of the sorption kinetics from matrix-free NH4Cl solution by means of the
PSO model reveals that k2 increased with increasing pre-load of the sorbent, i.e., the
sorbent achieved equilibrium faster. However, k2 of unloaded CCP 20 (q0) attained
0.090 g/(mg min), which increased to 0.135 g/(mg min) when partially loaded (q1) and
finally to 0.161 g/(mg min) with the highest pre-load (q2), which was almost in equilibrium.
On the contrary, the k2 values for SW1 (q0–q2: 0.042–0.070 g/(mg min)) and SW2 (q0–q2:
0.027–0.043 g/(mg min)) do not allow clear conclusions due to their wide variation.

Nevertheless, it has been ascertained that the sorption equilibrium is achieved faster
from matrix-free NH4Cl solution than from sludge water. This can be ascribed to cations
competing for sorption sites, but also to organic matter or particles contained in the sludge
water and the slower diffusion of ammonium to deeper sorption sites. In a process cascade,
in which a high CLI dosage has to achieve the lowest possible residual concentration, the
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partially loaded CLI could be brought into contact with sludge water again in order to use
its capacity to the full extent. In order to achieve the highest possible loading of the sorbent,
up to three sorption phases should be carried out, each lasting a maximum of 30 min.

4. Conclusions

From experiments with high strength sludge waters with ammonium concentrations
from 718 mg/L NH4-N to 967 mg/L NH4-N by means of Carpathian clinoptilolite, the
following boundary conditions can be derived with which the highest possible loading of
the sorbent CCP 20 can be achieved:

• the pH value should be in a range of 2 to 8 (or the arbitrary pH if below 8),
• the temperature of 307 K should be preferred over lower temperatures (e.g., 283 K or

295 K),
• the choice of a low specific sorbent dose (e.g., <0.1 gCLI/mgNH4-N) is advantageous,
• pre-loaded sorbent should be recontacted with the sludge water several times (up to

three times)
• the contact time of (pre-loaded) sorbent should be at least 30 min.

However, other boundary conditions may be relevant, depending on the objectives of
the treatment, e.g., high loading of the sorbent, shortest possible contact time, low effluent
concentrations. For the design as well as the implementation of the process, the required
contact time is of major importance. In the experiments it could be shown that a high
loading of the clinoptilolite can be achieved already after 30 min. Therefore, it can be
deduced that the necessary equipment for the treatment of the relatively small partial flow
of the sludge water compared to the main wastewater flow would only require minor
construction and plant engineering upgrades.

Based on the found conditions, it is of interest for future investigations under which
parameters the clinoptilolite can be regenerated and possibly reused. Furthermore, it should
not be omitted that the liquid resulting from the regeneration is still usable or the recovered
ammonium is available in a usable form.
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Appendix A Titration Curve of SW1, SW2, and NH4Cl Solution

During anaerobic digestion, large quantities of methane and CO2 are formed, resulting
in high concentrations of hydrogen carbonate in the sludge water. By lowering the pH, the
hydrogen carbonate is converted into CO2, which then outgasses.

The base capacity, i.e., the amount of OH− required to adjust the pH to 8.2, corresponds
to the amount of free CO2 in the solution. The acid capacity, i.e., the amount of H3O+

necessary to adjust the pH to 4.3, corresponds to the amount of HCO3
−. In addition,

other compounds such as ammonium, borate, phosphate, sulfate, nitrate, etc. may react,
therefore the titration method can only be applied to sludge water to a limited extent [45].

The amounts of OH−or H3O+ required to adjust the pH of SW1, SW2 and NH4Cl
solution are shown in Figure A1.
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Figure A1. Quantity of OH− (NaOH) and H3O+ (HCl) to adjust the pH of SW1, SW2, and NH4Cl solution as well as the
degree of dissociation of ammonium depending on the pH.

Only a small amount of H3O+ (pH 4: 0.09 mmol/L; pH 3: 1.2 mmol/L; pH 2:
12.7 mmol/L) was required to lower the pH of NH4Cl (arbitrary pH 5.3), as no hydrogen
carbonate was present. For an increase of the pH, a larger amount of OH− was required
due to the conversion of NH4

+ into NH3 (pH 7: 0.3 mmol/L; pH 8: 15.8 mmol/L; pH 12:
90 mmol/L). Since no other substances were present in the matrix-free solution, a stoichio-
metric transformation of OH− for the conversion of NH4

+ into NH3 can be assumed when
adjusting the pH value.

For both sludge waters SW1 and SW2, almost the same amount of H3O+ and OH− was
required. However, the amount of H3O+ and OH− required for pH adjustment of NH4Cl
solution was much lower. Obviously, a large amount of hydrogen carbonate buffering the
pH was present. For example, 74.5 mmol/L of H3O+ was needed to set up a pH of 5 for
SW1 and 73.8 mmol/L of H3O+ for SW2. To adjust a pH of 10, 90.9 mmol/L and 85 mmol/L
OH−, respectively, were required. Due to the high concentration of interfering ions, it is not
possible to determine the exact acid/base capacity and hydrogen carbonate concentration
in the sludge waters. Based on the data, it can be estimated at approx. 75–80 mmol/L.
The hydrogen carbonate is opposed by a sufficiently large amount of ammonium cations
(55–69 mmol/L) as counter ion.
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Abstract: Aging tests were used to investigate the long-term effects of BC on the immobilization of
Cu, and the soil silicon dissolution of three types soils (black soil, (BS), vegetable garden soil (VS) and
red soil (RS)). Litchi branch biochars (BC) at 10% (w/w) were incubated with three Cu (400 mg/kg)
contaminated soils. The effect on soil properties of pH, soil organic carbon (SOC), dissolved organic
carbon (DOC) and available silicon content were investigated, along with the speciation distribution of
Cu. The results indicated that SOC, DOC, and available silicon content (except, BC300) increased with
the application of BCs. On the other hand, the DTPA (diethylenetriaminepentaacetic acid) extractable
Cu content in BS, VS and RS soils were reduced by 4–12%, 18–25%, and 12–19%, respectively. The Cu
availability in all soils first increased, and then decreased during the aging process. The sum of the
other four fractions, including the carbonate fraction and the inert component increased by 4–4.5%
(BS), 1.4–2.1% (VS), and 0.5–1% (RS) respectively, over the long-term process. Moreover, during the
whole aging process, the soil properties (such as pH, SOC, DOC and available silicon content) were
almost stable. This study demonstrates that BCs, especially those produced at a higher temperature,
are superior to those been produced at 300 ◦C in immobilizing Cu and releasing available silicon in
soils. However, the remediation efficiencies were restricted by the soil type contamination status and
remediation time.

Keywords: BC; sequential extraction; copper; soil remediation; carbon-silicon interaction

1. Introduction

Copper pollution in agricultural soils can occur from copper mining and directly or indirectly
from anthropogenic sources [1]. This can cause crop yields to fall, as well as allow copper to enter the
food chain. Although copper is an essential trace element for the human body, long-term excessive
intake can cause copper to accumulate in the body and endanger health [1–4]. Due to its potential
toxicity, persistence and irreversibility by the United States Environmental Protection Agency (USEPA)
has listed Cu as priory control pollutant [5–7]. With increased public awareness of health and safety,
soil contamination by Cu has gained attention, and requires proper remediation.

In-situ remediation of Cu-contaminated soils is regarded as an effective, practicable,
and environmentally friendly measure [8]. Biochar (BC) is the solid, carbon (C)-rich and silicon
(Si)-rich product of heating biomass in a low oxygen environment (pyrolysis) [9–12]. Due to its highly
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porous micro-structure, active functional groups, high pH; rich Si content; surface area; and cation
exchange capacity (CEC), BC can effectively immobilize contaminants. It does this by adsorption,
ion exchange, surface complexation and precipitation. A number of studies have highlighted
that BC further reduces the risk of heavy metals contamination to humans and the surrounding
ecosystem [13–18]. Recent studies have reported the successful applications of BC in soil remediation,
in both the short and long-term. For instance, Rees et al. [19] observed a reduction in extractable
cadmium (Cd), copper (Cu (II)), and other metals in soils after the addition of 80% coniferous and
20% hardwood BC after seven days. Uchimiya et al. [20] also found a reduction in Cu (II) and Zn
(II), using toxicity characteristic leaching procedure (TCLP) extraction in a contaminated soil 7 day
incubation experiment after addition of cottonseed hull BC. Likewise, Bian et al. [21] used wheat straw
BC to treat agriculture land and consistently and significantly increased soil pH, total organic carbon
and observed reductions in Cd (II) and Pb (II) concentrations, following CaCl2 and DTPA extractions
over a three year period. Li et al. [22] demonstrated the link between BC type and long-term (three
years) immobilization of Cd and Cu in acidic paddy soils, and recommended that the readily oxidized
BC be applied to the soil to reduce the risk of Cd and Cu exposure. These short-term and long-term
studies demonstrate that the application of BC in soil remediation is feasible. However, the data on
long-term effects of BC on the immobilization of heavy metals appear to be inconsistent. In lightly
contaminated agriculture soil, Lucchini et al. [23] demonstrated that BC caused small changes in metal
fractionation in soil, but no significant changes in total metal concentrations in soil or plants were
observed after three years. Over three consecutive harvests, hardwood BC treatments increased the
uptake of metals in ryegrass in the last two harvests compared to the first harvest [24]. These studies
highlight that the effects of BC on immobilizing heavy metals in soils need to be investigated in greater
detail. Furthermore, the long-term immobilization of heavy metals in soils is affected by the aging
process of BC [22,25]. BC undergoes a slowed growth rate with uncontrolled in-situ oxidation in
soils, which leads to the formation of carboxylic, carbonylic, phenolic and other oxygen-containing
functional groups on the surface of aged BC [22,25–29]. As, such, the aging process is not synchronized
in soils of different types [27,30,31].

Lots of studies have focused on the organic component of BCs after adding them to soil, because of
their function in carbon sequestration and environmental remediation, such as the adsorption of
contaminants by oxygen-containing functional groups [12,32,33]. However, the function and effects
of BC on the inorganic components are unclear, especially for BC that have higher mineral content
(silicon-containing component). On the one hand, BC acts as a potential bio-available Si source and,
more importantly, along with Si and Al complexes from soil, results in an increase in Fe and soil
organic matter [34]. For instance, the adsorption of silicic acid on Al or Fe oxides may promote a lower
phosphate-fixation in acidic soils, thus improving the rate of available P. Silicic acid dissolved in the
soil solution can be adsorbed into soil minerals, particularly Fe and Al oxides/hydroxides [35]. There is
a general lack of knowledge about the effects of BC aging on silicon flow and pollutant control in soil
systems. Silicon-rich biochar is considered a rich source of silicon materials [36]. Therefore, BC can
be redefined as a silicon-improving material in soil. Liu et al. [37] reported that the effect of wheat
straw BC on soil Si in different regions. Unfortunately, the interaction between soil-available Si content
and carbon components with biochar during the aging process in soils was not fully understood.
In addition, the stable organo-mineral (C and Si) fraction produced via the aging process between BC
and minerals plays a vital role in the stabilization of heavy metals.

Based on the expounded data, we propose the hypothesis that the interaction between soil-available
Si content and carbon components in biochar during the aging process assists Cu immobilization
immediately following biochar amendment. To test this hypothesis, this study was set up to explore
the relationship between C and Si in soil, as well as to determine the availability of Cu in three
different soils, during the aging process. The oxidizability under accelerated aging of BC under wet-dry
conditions was simulated in the laboratory to gain insights into the aging process of BC. Specifically,
this study aims to: (1) compare the effect of BC under different aging processes on three soil properties,
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and the mobility Cu in soil over the course of a year, and (2) determine the relationship between C and
Si in the soil, with added BC, and as a result of stimulated aging.

2. Materials and Methods

2.1. Soils and Biochar

Three topsoil samples (0–20 cm) were collected from different site fields. one sample of black soil
(BS) was collected from non-polluted agricultural fields near Harbin, China (45◦40′ N and 126◦35′ E);
Two samples of red soil (RS) and vegetable garden soil (VS) were collected from agricultural fields
(23◦07′N and 113◦43′ E) and vegetable fields (23◦02′N and 113◦43′ E) in Guangzhou, China. The sample
of RS and VS were classified as clay soil (Ultisols), BS was classified as sandy loam soil (Histosols).
After collection, the samples were air-dried, and passed through 2 mm and 0.147 mm nylon sieves
before using for further characterization analysis.

Litchi branches were collected from an orchard in ZengCheng District, Guangzhou City,
Guangdong Province, south China (23◦41′ N and 113◦81′ E). The BC preparation process followed
the method outlined in a previous study [38]. The BCs obtained under oxygen-limited conditions
of different temperatures were named BC300 and BC600, where the suffix number refers to the
carbonization temperature. The properties of the soils and BC are listed in Tables S1 and S2.

2.2. Experimental Design

The evaluation of retention properties Cu2+ on BC300 and BC600, followed the method described
by Lin et al. [39]. Briefly, an aliquot of 0.05 g BC sample was added to 50 mL centrifuges tubes
(polypropylene) that contained 40 mL of 50 mg/L Cu2+ solution and 0.01M NaOH or HCl was used to
adjust the solution pH. Then, the tubes were shaken at 250 rpm for 24 h at room temperature (25 ◦C ± 2)
using a horizontal shaker. The amount of metal adsorbed was also calculated following the method
described by Lin et al. [39].

The soil was air-dried and sieved to remove impurities, such as stones and organic residues.
The total Cu content was adjusted to 400 mg/kg by adding Cu(NO3)2 solutions, mixed thoroughly,
and aged at room temperature for 1.5 months. This study included nine treatments: BS0, VS0 and
RS0 (control, containing BS, VS and RS without BC amendment), BS1, VS1 and RS1 (containing, BS,
VS and RS with 10% (w/w) BC300 amendment), BS2, VS2 and RS2 (containing, BS, VS and RS with 10%
(w/w) BC600 amendment). All treatments were performed in triplicate. The incubation experiment
was conducted in a constant temperature room at 25 ◦C with 65% relative humidity, under a wet and
dry (wet-dry) cycle for one year. The samples were checked regularly, and water added to compensate
for water loss every 10 d to maintain 80% water holding capacity (WHC), then air-dried in the nature
environment. During the incubation, soil samples (∼50 g) were collected on days 0, 1, 3, 5, 7, 14, 21,
28, 60, 180 and 365 from each pot after thoroughly mixing the soils. Soil samples were air-dried and
sieved for further analysis.

2.3. Chemical Analysis

Soil properties, including pH, organic matter, cation exchange capacity, available nitrogen and
phosphorus contents and other physicochemical properties, were determined according to previously
described methods [40]. Briefly, the pH (1:2.5 of soil:water), soil organic carbon (SOC) (K2CrO4-H2SO4

oil-bath heating), cation exchange capacity (CEC) (1 M ammonium acetate leaching at pH 7.0), total N
(TN) (N/C soil analyzer, Flash, EA, Milan, Italy), available P (AP) (Olsen method) and available K
(AK) (1 M ammonium acetate extraction) were determined. The dissolved organic carbon (DOC) was
determined extraction of the soil (5 g) with distilled water (25 mL) and shaking for 2 h. The extract
solution was filtered (0.45 µm) prior to DOC determination using a TOC analyzer (TOC V-CPH,
Jena, Germany). The available Si (acetate buffer method) from soil using the method adopted from
Yu et al. [41]. The total Cu, and plant-available Cu of soil were estimated according to the method
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by Lu [42]. Briefly, the total heavy metals in the soil were digested by HNO3-HF-H2O2 and the
plant-available Cu of soils were extracted from the treated soil using diethylenetriaminepentaacetic
acid (DTPA, pH 7.3). The different forms of Cu metal in soil were extracted following the method of
Tessier [43], and the methods are summarized in Table S3. All samples were centrifuged at 3000 rpm
for 5 min, then, the suspensions were filtered through a 0.45 µm filter, acidified (with concentrated
HNO3) and Cu concentrations were determined using an atomic absorption spectrophotometer (AAS,
iCE 3500, Thermo Scientific, MA, USA).

2.4. Data and Statistical Analysis

In the study, the following parameters were evaluated:
(1) Effects of BC application on an increase or decrease in Si or DOC content in soil calculated by

Equation (1):

Ebc =
[Si content or DOC content in soil from objects with application of BC]

[Si content or DOC content in soil from objects without the application of BC]
× 100% (1)

where, Ebc—percent increase or decrease in Si content or DOC content in soil under amendment
with BC.

(2) The immobilization effectiveness (IE) of Cu in soil was calculated by Equation (2):

IE(Cu) =
(

1−
Ct

Co

)

× 100% (2)

where, Ct and Co are the copper concentration in the leachate of the treated soil and control, respectively.
All the experiments were conducted in triplicate. Data are presented as means with standard

deviations. Statistical analyses were performed using SPSS Statistics 19.0 software (IBM, Armonk, NY,
USA). A one-way ANOVA with multiple comparisons by LSD test at p < 0.05 significance level was
used to determine differences. Graphs were prepared using Origin 9.0 (OriginLab Corp, Northampton,
MA, USA).

3. Results and Discussion

3.1. Soil Properties of Soil and BC

The soil properties are summarized in Table S1. Analysis of the soil properties and the pH
shows that there were differences among the collected soil samples. The pH values followed the
order BS (pH = 6.15) > VS (pH = 5.88) > RS (pH = 4.86). Likewise, the highest and lowest SOC were
observed in BS and RS, respectively, BS and RS were collected from north and south China, respectively,
indicating the positive correlation between latitudes for different sites. Moreover, they had the highest
extractable cation contents of available silicon and BS compared with the other soil samples. However,
the lowest content of available silicon and low CEC values were observed in RS and VS. Prior to
spiking with Cu, these three soils were considered unpolluted, because the concentration of heavy
metals, such as Cu, Pb, Cd and Zn concentration in soils all lower than the risk screening values for soil
contamination of agricultural land (Table S1) [39]. In comparison, the DOC of BCs gradually decreased
due increased degradation of carbon components at high temperatures. Noticeable, as shown in
Table S2, the C content in BC gradually increases with the pyrolysis temperature increases, while the
H, O, and N content continues to decrease, and the atomic ratios H/C, O/C, and (O + N)/C also
decrease. These results indicate that biochar with a higher pyrolysis temperature has a higher degree
of carbonization and a more complete π-conjugated aromatic structure [39]. Litchi BC morphology
and the absorbent capacities have been discussed in the literature [38,39,44]: the observed increase
in the p-conjugated system, and metal-retention capability. Therefore, this was not considered in the
current study.
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3.2. Sorption Behavior of Cu by BCs

The sorption capacities of Cu, by different BCs are presented in Figure 1. The maximum
adsorption capacities for Cu increased with the rising pyrolysis temperature from 24.33 (for BC300)
to 67.23 mg/g (for BC600), respectively. Notably, the maximum adsorption capacity between BCs of
different temperatures different higher than previous studies (Table S4). This can be attributed to
the pH, ash contents, functional groups and high CEC values of the BCs (Table S1). This result is
consistent with other studies [45] and indicates the positive influence of BC inorganic compounds
on metal immobilization in aqueous solutions. In addition, an amount of studies on the large
surface area, pore structure and functional group of biochars indicated that metal immobilization
was possible [12,13,22]. Interestingly, following BC treatment with sodium silicate, the Cu sorption
capacities in BC300 + Si and BC600 + Si increased by 24% and 9%, respectively, compared to BC300
and BC600. Zhao et al. [46] from an adsorption study suggested that the addition of silicon not only
enhanced the adsorption capacity of biochar, but also effectively resisted the decrease in the adsorption
capacities on BCs after aging (H2O2 and H2SO4 oxidation). Previous studies have also shown that
silica particles might affect C arrangement and structural composition by producing a Si-C coupling
system in the biochar matrix [47]. As discussed above, BC modified with silicon shows potential for
enhanced metal adsorption.
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Figure 1. The adsorption capacities of Cu on different BC. BC300 + Si and BC600 + Si are BC modified
with 5 M sodium silicate. Values are the mean ± standard deviations, different letters in the same
column represent significant difference at p < 0.05 (n = 3, LSD test).

3.3. Effects of BC Amendment on Soil pH, DOC, and SOC

The impact of BC on soil pH, DOC and SOC, over one year is shown in Figures 2 and 3, Table 1
and Table S5. Compared with the control, the application of BC slightly elevated soil pH, and the
influence was more obvious with the application of biochar that was higher in pH (Figure 2). The pH
values of BS0, VS0 and RS0 showed a slow, slightly increasing trend at certain time points, during the
whole incubation process, which may be related to the neutrality of the deionized water used for
wet-dry cycle (Figure 2). After BC treatment and aging, the pH of BS1 and BS2 on day 5 decreased to
6.39 and 6.60 compared with the pH on day 1, and rapidly increase to 6.51 and 6.87, from day 3 to day
28, followed by a slow decrease during the whole aging process (Figure 2a).

Table 1. Soil organic carbon (SOC), as affected by biochar (BC) application after one-year of aging. BS,
black soil. VS, Vegetable garden soil. RS, red soil.

Treatment BS0 BS1 BS2 VS0 VS1 VS2 RS0 RS1 RS2

SOC (%) 3.32 5.07 4.38 1.53 3.27 2.37 0.90 2.41 1.85
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Figure 2. The change of pH in BS (a), VS (b) and RS (c) soils amended with biochars. Note:
Error bars are standard deviations of the means (n = 3). (BS0: black soil, BS1: black soil + BC300,
BS2: black soil + BC600, VS0: Vegetable garden soil, VS1: Vegetable garden soil + BC300, VS2: Vegetable
garden soil + BC600, RS0, Red soil, RS1: Red soil + BC300, RS2: Red soil + BC600).
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Figure 3. The change in DOC content in BS (a), VS (b) and RS (c) soils amended with biochars. Note:
Error bars are standard deviations of the means (n = 3).

However, compared to BS the pH changes of VS and RS were different during aging process,
mainly related to differences in soil types and properties. After biochar treatment and aging, the pH of
VS1, VS2, RS1 and RS2 rapidly increased on day 1, then slowly decrease during the by one-year aging
process (Figure 2b,c). Previous studies have shown that BC during the 72-day aging process had the
effect of improving the soil pH, particularly in the early stage [48]. Wang et al. [33] showed that pH
rapidly decreased from 0 to 30 days and slowly decreased from 31 to 95 days. Xu et al. [49] showed that
pH (BC) value decreased from 8.20–10.7 to 7.5–9.7 after a 25-cycle aging test with BC, which can explain
the soil slow decreased for pH during aging process (Figure 2).Furthermore, in a field experiment
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under a cucumber–sweet potato–rape rotation, Jiang et al. [44] showed that BC application can alter
the soil acidity, while the natural aging of biochar in soil, cause the pH of soil to slowly decrease.

As SOC did not significantly change during the whole incubation process in any of the same
treatments soil, we did not measure SOC at every time points, indicating that both types of biochar
remained stable in the soil in the long term [22]. Changes in BC significantly increased the SOC
content, compared with the control (Table 1). The increase in SOC was greater among VS and RS,
compared to BS. Likewise, in soil treated with BC, DOC was significantly higher than in the untreated
soil. The higher the pyrolysis temperature, the weaker the effect of improving soil DOC (Figure 3),
which may due to the high DOC in BC300 (Table S1).

The DOC concentrations in the soil, in common with pH, showed variation between collection
periods. However, there was consistent decreasing trend in VS and RS in the latter part of the aging
process, compared to the early soil (Figure 3b,c). With treatment by BS, however, the DOC content in
BS1 and BS2 decreased from 1day to 7 days, and then increased from day 7 until the end of the process.
This could be because BC improves the soil environment and enhances the adsorption of soil to organic
components in the initial stage, but the labile organic compound in soil and biochar samples may be
released during incubation after 7 days (Figure 3a). A number of studies have also reported that BC
application could significantly increase DOC content in soils and decreased during long term aging
process [24,50,51]. Li et al. [22] showed that the contents of soil organic matter (SOM) and DOC were
significantly higher in the soil treated with biochar. There was a slow change in SOM during the 3-year
period; DOC contents, on the other hand, changed over time, increasing steadily up to harvest one,
and then decreasing over harvest 2 and 3. BC can modify soil DOC, in both quality and quantity by
means of releasing DOC into the soil solution and/or stimulating the generation of more DOC from the
soil organic carbon pool [51]. Moreover, Jiang et al. [44] reported that there was a downwards trend in
DOC content after the aging process of crop cultivation. This may be attributed to the mineralization
of C that occurs during the growing season, in the presence of N from inorganic fertilizer.

3.4. Effect of Biochar on Soil Available Silicon

Silicon, as a chemical modification in its soluble form, can effectively decrease heavy metal
bioavailability [52]. The role of Si in BC, on Cu mobility during the aging process of typical soils,
such as BS, VS and RS, is not yet fully understood. The results of the concentrations of available Si in
soil amended with BCs are shown in Figure 4. Figure 4 a show that BS1 decreased the available silicon
by 11% and 12% compared with BS0 and BS2 in last stage, respectively. Due to the increase in available
silicon content in the later stage of the aging process, BS2 is close to BS0 in the final stage. During the
entire aging process, the available silicon content in BS1 was always lower than BS0.This is due to the
BC300 having lower ash and SiO2 content (Table S1) and potentially an equilibrium has been reached
between the Si adsorbed by soil and the Si dissolved from BC surface [32]. Compared with VS0 and
RS0, the treatments VS1 and RS1 also show the same trend during o1a aging process (Figure 4b,c).
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Figure 4. The change of available silicon content in BS (a), VS (b) and RS (c) soils amended with
biochars. Note: Error bars are standard deviations of the means (n = 3).

Similarly, compared to VS0 and RS0, the available silicon of VS2 and RS2 significantly increased
by 87–228% and 46–94%, respectively, with the application of BC600 (Table S5). This result is due to
the fact that Si the major component of the ash and BC derived from BC600 had a higher Si content,
thus resulting in enhanced Si available for the lower Si soils, such as VS and RS. Previous studies have
shown that BC can be used as a Si pool. It supports the dynamic process of Si release from BC modified
soil [11,12,32,52].

Figure 4 also shows the silicon dissolution of the experimental values for different soil-BC mixtures.
For BC600, the higher improvement in silicon dissolution in a low-silicon soil (RS) compared to that in
a high-silicon soil (VS) treated with Si-rich BC (BC600) was observed. However, the opposite result
was reported by Wang et al. [32]. For Si-rich BCs, the higher improvement in silicon dissolution in a
high-silicon soil (HSS) compared to that in a low-silicon soil treated with Si-rich BCs was observed [32].
According this phenomenon, we suggest that the interaction between the soil and the BC may have
caused the change, the BC and soil properties major the influence factor.

3.5. DTPA-Extractable Cu in the Soil

As shown in Figure 5, BC amendment reduced the mobility of Cu contents in soils, as seen by
the reduction of DTPA-extractable metal content. By comparison, BC600 was more effective at metal
immobilization than BC300, and achieved the highest reduction in the DTPA-extractable metal content
in the three soils. This is because the adsorption capacities were higher than other BCs (Table 2).
In addition, a clear difference was found between treatments with different soils. Xiao et al. [45] showed
that BCs were more effective at reducing DTPA-extractable metal contents and metal immobilization
than straw materials, this led them to believe that adsorption might not be the only mechanism
governing metal immobilization in soils. Similarly, He et al. [53] demonstrated that the BC soil
oxidation reaction would significantly affect the performance of BC on metal mobility and speciation
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in soils. Compared to BS, this result indicates that the BC (BC300 and BC600) significantly affects the
immobilization of Cu in RS and VS. The Cu immobilization rates were higher in BS during the one-year
aging process, which might be due to a lower concentration of available Cu in VS and RS, and because
the bond between Cu and soil in BS was not as strong (Figure 5 and Table 2).
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Figure 5. The change of DTPA-extractable Cu concentration in BS (a), VS (b) and RS (c) soils amended
with biochars. Note: Error bars are standard deviations of the means (n = 3).
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Table 2. The immobilization effectiveness (IE) of Cu in three amended soils with biochars (BCs).
Values are the mean ± standard deviations, and the different letters in the same column represent that
significant difference at p < 0.05 (n = 3, LSD test).

Time
BS VS RS

BC300 BC600 BC300 BC600 BC300 BC600

IE(Cu,%)

1 d 4 ± 0.25 f 12 ± 0.85 h 18 ± 0.17 d 25 ± 0.53 d 12 ± 0.29 d 19 ± 0.24 e
3 d 10 ± 0.53 d 17 ± 0.66 f,g 6 ± 0.54 i 14 ± 0.57 g 12 ± 0.37 d 18 ± 0.37 e,f
5 d 11 ± 0.33 d 16 ± 0.33 f,g 13 ± 0.16 e 19 ± 0.33 f 17 ± 0.41 b 20 ± 0.76 d
7 d 3 ± 0.21 g 18 ± 0.57 d,e 7 ± 0.21 h 17 ± 0.16 g 7 ± 0.34 e 14 ± 0.54 i
14 d 3 ± 0.08 g 17 ± 0.49 e,f 11 ± 0.22 f 22 ± 0.24 e 14 ± 0.49 c 15 ± 0.37 h,i
21 d 5 ± 0.29 e 12 ± 0.24 h 8 ± 0.47 g 15 ± 0.49 i 8 ± 0.29 e 16 ± 0.24 g,h
28 d 12 ± 0.22 c 19 ± 0.57 c,d 5 ± 0.21 j 32 ± 0.21 c 6 ± 0.17 f 17 ± 0.24 f,g
60 d 12 ± 0.25 c 15 ± 0.93 g 26 ± 0.53 c 48 ± 0.33 b 11 ± 0.29 d 28 ± 0.33 c

180 d 16 ± 0.22 b 22 ± 0.24 b 29 ± 0.45 b 53 ± 0.08 a 12 ± 0.17 d 30 ± 0.54 b
1 a 19 ± 0.12 a 26 ± 0.41 a 32 ± 0.39 a 53 ± 0.49 a 24 ± 0.37 a 41 ± 0.76 a

Beesley and Dickinson [54] showed that the application of hardwood-derived BC increased
the concentrations of DOC, which has an adverse effect on the immobilization of Cu. Therefore,
the DTPA-extractable Cu contents higher than other soils during one-year aging process is probably
due to the increase in DOC (Figure 3) and SOC (Table S1) in the BS treatments (BS0, BS1 and BS2).
In terms of the change trends, the Cu availability in nine treatments fluctuated sight, but generally
showed an increase-decrease trend. For BS, the DTPA-extractable Cu concentration decreased from
215 mg/kg on day 1 to 170 mg/kg on one year with BC600 application (Figure 5a). The DTPA-extractable
Cu concentration in BS1 fluctuated between 187 and 234 mg/kg, accounting for 47–58% of the BS total
Cu on the incubation (Figure 5a). Compared to BS, the DTPA-extractable Cu concentration in VS
and RS also have be similar on trend during one-year aging process (Figure 5). The changes in Cu
availability in soils reflected that the transport and transformation processes between soil and BC were
dynamic during the aging process.

Taking into consideration the pH value (Figure 2), DOC (Figure 3) and available silicon content
(Figure 4), we suggest that the interaction between these factors and the soil DTPA-extractable Cu
may have caused the change in Cu availability. Previous works [22,24,45,52] have also shown that
an increase in soil pH, DOC and Si content after BC application could reduce the mobility of metal
and promote its transformation to a more stable state. The aging experiment reported by Shen et
al. [17] showed that the pH of the biochar decreased after accelerated aging due to the loss of dissolved
alkaline minerals, indicating the pH could be a mobilization mechanism of the Cu during accelerated
aging. Li et al. [51] study showed that a BC induced DOC modification in soil alters the speciation of
metal contaminants by changing soil conditions, which suggests that the biochar-DOM interaction is
an important mechanism in determining the mobility of heavy metal contaminants in biochar amended
soils. Moreover, silicon from BC, as a chemical amendment in its soluble form, can effectively decrease
heavy metal bioavailability [52]. Therefore, the pH values of soil, DOC, available silicon content
and DTPA-extractable Cu concentration are dynamic during the aging process with BC application,
indicating there was a close relationship between them.

3.6. Tessier Cu Fractions in the Soil

The Tessier method was used to determine the five Cu fractions in the soil. The five Cu fractions
in the soil were significantly affected in all nine-soil treatments during one-year aging process,
compared with the early aging stage (i.e., on day 1). However, a slight change occurred at each time
points: in general, F1 and the sum of F1 and F2 showed decreasing trends. Hence in this study, we only
evaluated and compared the five Cu fractions at the last stage (i.e., at one year). Figure 6 shows the
fractionation of Cu in different treatments. We can see that the Cu bound to Fe and Mn oxide (F3),
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organic matter (F4) and the residual fraction (F5) covers over 68–89% of its total content in almost all
the treatments.
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Figure 6. Cu fractionations of soils after 1a incubation with different BC amendments. F1, exchangeable;
F2, carbonate bound; F3, Fe-Mn oxide bound; F4, organic matter bound; F5, residual fraction.

Comparing the three soils, F1 and the sum of F1 and F2 is higher in BS than in VS and RS. This also
supports the high DTPA-extractable Cu concentration for BS (Figure 6). The sum of F1 and F2 of
BS0, BS1 and BS2 were 31%, 22% and 23%, respectively, and higher than the VS and RS treatments;
The phenomenon might occur because SOC (Table S1) and DOC (Figure 4) is high in the BS, both of
which decreased the ability of BC to fixate Cu [54]. Although, Park et al. [10] reported that Cu is present
as a more stable fraction complex in this soil, but we believe that Cu in artificially contaminated soil
more easily complexes with DOC in the soil during the one-year aging, enabling high SOC and DOC
content. It is well known that Pb in F3, F4, and F5 is an inert component. While, easily exchangeable
Cu (F1) is directly related to its bioavailability, and Cu bound to carbonates (F2) can be converted
to bioavailable component as soil pH decreases. Meng et al. [48] indicated that BC continuously
immobilized the bioavailable metal fraction in the soil during simulation of the actual aging process
over 8 years. Therefore, the sum of the other four fractions including the carbonate fraction, F3, F4 and
F5 all significantly increased in the long-term process.

3.7. Limitation and Environmental Implication

As demonstrated above, biochar is capable of immobilizing Cu in soils. However, soil properties,
such as pH, SOC and DOC, and the properties of BC and the aging time, all affect the of efficiency of
metal immobilization. As shown in Figure 2, the application of BC facilitated the stabilization of pH in
the soil, but in the long-term aging process, the soil pH decreased. Therefore, in order to maintain
the long-term immobilization of Cu in soils by BC, it is appropriate to add new BC in the long-term
amended stages of soil. BC also plays a significant role in various terrestrial biogeochemical processes
of Si and C (Figures 3 and 4): however, the Si content in BC for amended pollution has not caused
issues. In this study, we first considered the available silicon content, in relation to Cu immobilization
during aging process. The results show that the release of available Si is important to the fixation of
Cu, which is consistent with the experimental results (Figure 1).

Moreover, the effect of BC on soil Si in different soils was investigated, our results were contradictory
to other studies, e.g., Wang et al. [32] with regards to whether the available Si content of soil increased or
decreased after BC amendment. This may be due to feedstocks of BC and soil properties. More studies
are needed to focus on the carbon-silicon biogeochemical cycles and the heavy metal transport
distribution between soil and water ecosystems. On the other hand, our result indicate that BC
continuously immobilized the bioavailable Cu fraction in the soil (Figures 5 and 6),and BC has been
applied to heavy metal contaminated soils as a metal stabilizing method, but it is unclear when and in
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what form the fixed heavy metals are released again. Further studies should focus on combining the Si
source with the heavy metal (BC or soil) in contaminated soil during the aging process.

4. Conclusions

In this study, the addition of BC facilitated the immobilization of Cu in three soils types. However,
the efficiency was affected by both the properties of the BC and the incubation time, as well as
soil type. BC may not perform well in Cu contaminated soils with high SOC and DOC content.
In comparison, the addition of BC enhanced soil DOC and pH value in VS and RS and significantly
decreased the available Si content in both BS1 and BS2 during the aging process. Moreover, all the
treatments significantly increased the SOC content. Generally, BCs, especially those high in pH
and high ash content, had a better performance on soil Cu immobilization, and BC application
facilitated the transformation of Cu speciation from F1 or F2 into a stable fraction. Although BC
application reduced the extractable Cu contents in DTPA-extracts, the remediation performance was
not satisfactory, especially for BS soil treatment due to the high DTPA-extractable Cu concentration
during the whole aging process. This study showed that field applications of BC in heavy-metal
associated soil remediation must consider the soil type and region attributes into account, and a study
with respect to the soil type and the Si source (BC or soil) in contaminated soil during the aging process
are important when BC applications are evaluated.

Supplementary Materials: The following are available online, Figure S1: The locations of the soil sampling sites,
Table S1: The properties of the soil and BC, Table S2: Elemental compositions and atomic ratios of biochars,
Table S3: Extractants used in sequential extraction of metal in soil, Table S4 Comparison of sorption capacity of Cu
with biochars derived from different materials, Table S5: Effects of the application of BC on an increase/decrease in
silicon content/DOC content in soil.
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Abstract: Wastewater is characterized by a high content of phosphate and toxic metals. Many studies
have confirmed the sorption affinity of alginate adsorbents for these ions. In this study, the adsorption
of phosphate from effluent of sewage sludge on biodegradable alginate matrices cross-linked with
Fe3+ ions (Fe_Alg) was investigated. Kinetics and adsorption isotherms were tested in laboratory
conditions in deionized water (DW_P) and in the effluent (SW_P), and in the same solutions enriched
in toxic metals ions—Cu2+, Cd2+, Pb2+, and Zn2+ (DW_PM and SW_PM). Batch experiments were
performed by changing the concentration of phosphate at constant metal concentration. Kinetics
experiments indicated that the pseudo-second-order model displayed the best correlation with
adsorption kinetics data for both metals and phosphate. The Freundlich equation provided the
best fit with the experimental results of phosphate adsorption from DW_P and DW_PM, while the
adsorption from SD_P and SD_PM was better described by the Langmuir equation. For tested
systems, the affinity of the Fe_Alg for metal ions was in the following decreasing order: Pb2+ > Cu2+

> Cd2+ > Zn2+ in DW_PM, and Pb2+ > Cu2+ > Cd2+ > Zn2+ in SW_PM. The metals’ enrichment of
the DW_P solution increased the affinity of Fe_Alg beads relating to phosphate, while the addition of
the metals of the SW_P solution decreased this affinity.

Keywords: phosphorus removal; toxic metals; adsorption; alginate beads; sewage sludge

1. Introduction

The growing world population causes intensification of food production, which generates
an increasing use of fertilizers, including phosphate ones. The main industrial source of phosphorus
(P) is phosphate, the resources of which, like oil and natural gas, are non-renewable. The results show
that 70% of the global production of phosphate rock is currently produced from reserves which will
be depleted within 100 years and combining this with increasing demand will result in a significant
global production deficit, which by 2070 will be larger than the current production [1,2]. Phosphorus
does not disappear like hydrocarbons after “consumption” but can be recycled. In accordance with
the principles of sustainable development, attempts are made to search for alternative sources of
phosphorus in the human food chain, e.g., in municipal waste. Municipal wastewaters may contain
from 6 to 8 mg/L of total phosphorous [3,4]. The national P budgets in Central Europe show that
municipal wastewater contains a P load that could theoretically replace 40% to 50% of the annually
applied mineral P fertilizer in agriculture [5].

A particularly numerous group of methods for the recovery of phosphorus from wastewater
and manure is the crystallization of struvite [6] or combustion [6–8]. An alternative method of
phosphorus removal at various stages of wastewater and sewage sludge treatment can be adsorption of
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mineral phosphorus forms from the liquid phase. To this end, adsorbents containing iron compounds,
mainly oxides and carbonates, e.g., allophane [9], neutralized red sludge containing 40–45% Fe2O3 [10],
fly ash granulated and sintered at 1000–1350 ◦C [11] or goethite [12,13] were tested. Due to the high
impact of pH and redox potential on the phosphorus binding process with the participation of minerals
and iron-containing waste, these adsorbents have little application significance [14,15]. The second
group of sorbents are adsorbents activated with multivalent metals, e.g., lanthanum-modified
bentonite [16] or iron-modified: refined aspen wood fiber [17,18], coir pith [19], eggshell [20] and
Staphylococus xylosus biomass [21]. All the adsorbents described above were tested only on a small
scale, and their main shortage is difficult recovery after the phosphorus binding process. The third
group of sorbents are hydrogel composites obtained on the basis of natural polysaccharides, e.g.,
alginates, the effective action of which has been repeatedly confirmed during purification of the aqueous
environment from pigments, heavy metals and antibiotics. Alginate is a natural anionic polysaccharide
extracted from algae, which is non-toxic and biodegradable. The major component of alginate is Na-salt
of alginic acid with abundant free hydroxyl and carboxyl groups distributed along the backbone
chain of the polymer. It can pass through an irreversible chemical process with polyvalent cations
(except magnesium) to form a crosslinking bond, and finally forming the thermo-irreversible gel [22].
Alginate cross-linked with multivalent metals, e.g., calcium, forms structures with a large specific
surface [23,24]. After chemical modification, it can be converted into adsorbents with anionic sorption
capacity. By such modification using Fe(III) or Zr(IV) compounds, adsorbents for purifying water from
oxygen anions containing Se(IV), Cr(VI) and As(V) [25,26] or P [27,28] compounds were obtained.

Wastewater is characterized by a high content of toxic metals, examples of metal contents in
municipal wastewater are: 0.75 mgCu2+/L, 1.13 mgZn2+/L and 0.4 mgPb2+/L, whereas in industrial
wastewater: 2.13 mgCu2+/L, 17.3 mgZn2+/L, 6.1 mgPb/L and 0.1 mgCd2+/L [29]. Many studies have
confirmed the sorption affinity of alginate adsorbents for these metals [22] so the metals can compete
in the phosphate adsorption process. The aim of this paper was to study the adsorption of phosphate
in a multicomponent system on biodegradable alginate matrices cross-linked with Fe3+ ions (Fe_Alg).
The tests were carried out in effluent water generated during the processing of sewage sludge from
sewage treatment plants, and the tested effluent has been enriched with selected multivalent metals.
To assess the competitiveness of effluent components for phosphate adsorption, analogous comparative
studies were carried out in ion solutions prepared in deionized water.

2. Results

2.1. Phosphate Adsorption Kinetics

The kinetics of phosphate binding from solutions without and with addition of metal ions by
Fe_Alg matrices showed that the amount of adsorbed phosphate increased over time (Figure 1).
The main goal of the kinetic studies was to determine the time after which the tested systems reach
the state of adsorption equilibrium, and thus how long the adsorption time will be in the study of
adsorption isotherms.

In the examined systems, the equilibrium was established after 56 h, after which 70.1% and 59.2%
phosphate were removed from the DW_P and DW_PM solutions and 76.5% and 63.3% from SW_P and
SW_PM, respectively. It has to be noted that that from 53.54% (for SD_PM solution) to 92.83% (for
SW_P solution) of the maximum sorption capacity is achieved within 8 h.

Kinetics experiments indicated that the pseudo-second-order model displayed the best correlation
with phosphate adsorption kinetics data for all the tested systems. The adjusted determination
coefficients for the linear t/at dependence as a function of time ranged from 0.996 to 0.999 (Table 1).
The presence of metals in the DW_PM solution increased values of aeq and Vo, while in the SW_PM
solution, these values decreased. Values of adsorption phosphate at equilibrium state are consistent
with the adsorption capacities obtained from the phosphate adsorption isotherms presented in this
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study. The values of k2 calculated for the models describing adsorption phosphate from SW_P and
SW_PM solutions were higher compared to k2 values calculated for DW_P and DW_PM solutions.

Figure 1. Adsorption kinetics of phosphate ions by alginate matrices cross-linked with Fe3+ ions.
DW_P—deionized water enriched with phosphate, SW_P—effluent from a sludge enriched with
phosphate, DW_PM—deionized water enriched with phosphate and metal ions, SW_PM—effluent
from a sludge enriched with phosphate and metal ions.

Table 1. Estimated pseudo-second-order kinetic model parameters for phosphate adsorption by
alginate matrices cross-linked with Fe3+ ions. DW_P—deionized water enriched with phosphate,
SW_P—effluent from a sludge enriched with phosphate. DW_PM—deionized water enriched with
phosphate and metal ions, SW_PM—effluent from a sludge enriched with phosphate and metal ions.

Solution

Adsorption at
Equilibrium State

Rate Constant
of Adsorption

Initial Adsorption Rate
Adjusted Coefficient

of Determination

aeq (mgPO4/g) k2 (g/mg h) Vo (mg/g h) Radj
2

DW_P 18.83 ± 0.32 0.011 ± 0.002 4.17 ± 0.85 0.998
DW_PM 22.27 ± 0.51 0.028 ± 0.011 13.79 ± 5.28 0.996

SW_P 22.83 ± 0.12 0.047 ± 0.015 24.39 ± 7.79 0.999
SW_PM 15.11 ± 0.12 0.067 ± 0.022 15.41 ± 5.12 0.999

As pH is an important factor affecting the removal of ions from aqueous solution, the pH changes
of the solutions during adsorption were studied. In the conducted experiment, the pH of effluent water
was higher in comparison with deionized water, i.e., 7.0 and 5.8, respectively. During the process,
the pH changed to a small extent, while the most significant changes were found for the DW_PM
solution, in which the pH decreased by 0.6 (Figure 2). A greater decrease of the pH in DW_PM and
SW_PM solutions compared to DW_P and SW_P indicates a competition for binding sites’ metal ions
and remaining protons on the alginate matrix.

Changes in the content of investigated metals in alginate capsules during the phosphate adsorption
process showed that the most lead was removed from DW_PM, whereas the most copper from
SW_PM solutions (Figure 3). The lowest adsorption was found for Zn2+ for the two tested systems.
The equilibrium in the examined systems was established after 56 h. After that time, 70.6% Pb2+,
56% Cu2+, 14.1% Zn2+ and 28.84% Cd2+ were removed from DW_PM, and 70.4% Pb2+, 84.5% Cu2+,
26.6% Zn2+ and 51.7% Cd2+ from SW_PM. The sorption affinity of the studied metals for the adsorbent
changed in the following order: Pb2+ > Cu2+ > Cd2+ > Zn2+ in DW_PM, and Cu2+ > Pb2+ > Cd2+ >

Zn2+ in SW_PM.
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Figure 2. Changes in the pH of the tested systems during the adsorption process. DW_P—deionized
water enriched with phosphate, SW_P—effluent from a sludge enriched with phosphate.
DW_PM—deionized water enriched with phosphate and metal ions, SW_PM—effluent from a sludge
enriched with phosphate and metal ions.

Figure 3. The kinetics of metal ion binding in the presence of phosphate by alginate matrices cross-linked
with Fe3+ ions in: (a) deionized water enriched with phosphate and metal ions (DW_PM) and (b) effluent
from a sludge enriched with phosphate and metal ions (SW_PM).

Kinetics of the metals binding by Fe_Alg beads in the presence of phosphate indicated that the
pseudo-second-order model displayed the best correlation with adsorption kinetics data for all metals.
The adjusted determination coefficients for the linear t/at dependence as a function of time ranged
from 0.982 to 0.999 (Table 2). Many studies published in the literature also report pseudo-second-order

218



Molecules 2020, 25, 3962

kinetics for adsorption of: Cd2+ and Cu2+ by alginate–based attapulgit foams [30], Cu2+ ions by
glutaraldehyde crosslinked humic acid-immobilized sodium alginate [31], Cd2+, Cu2+, and Pb2+ ions
by alginate modified with the grafting of urea and biuret [32] and Pb2+ ions by biocharealginate
beads [33]. The values of k2 calculated for the models describing adsorption of all tested metals from the
DW_PM solution were higher compared to k2 values calculated for the SW_PM solution. It indicates
that adsorption of metals was faster in the DW_PM solution. Among the examined metals, the binding
process was the fastest in the case of Cd2+, for which k2 was 0.422 ± 0.075 g/mg h in DW_PM and
0.059 ± 0.022 g/mg h in SW_PM. This process was the slowest in the case of Pb2+, for which k2 was
0.018 ± 0.005 g/mg h in DW_PM and 0.010 ± 0.003 g/mg h in SW_PM.

Table 2. Estimated pseudo-second-order kinetic model parameters for metals adsorption by alginate
matrices cross-linked with Fe3+ ions. DW_PM—deionized water enriched with phosphate and metal
ions, SW_PM—effluent from a sludge enriched with phosphate and metal ions.

System Metal

Adsorption at
Equilibrium State

Rate Constant
of Adsorption

Initial Adsorption Rate
Adjusted Coefficient

of Determination

aeq (mgPO4/g) k2 (g/mg h) Vo (mg/g h) Radj
2

DW_PM

Pb 19.12 ± 0.39 0.018 ± 0.005 6.49 ± 1.89 0.997
Zn 4.13 ± 0.03 0.422 ± 0.075 7.18 ± 1.28 0.999
Cd 7.50 ± 0.03 0.166 ± 0.035 9.35 ±1.98 0.997
Cu 15.08 ± 0.12 0.059 ± 0.011 13.48 ± 2.50 0.998

SW_PM

Pb 19.42 ± 0.56 0.011 ± 0.003 4.06 ± 1.02 0.993
Zn 7.23 ± 0.16 0.059 ± 0.022 3.10 ± 1.15 0.999
Cd 12.52 ± 0.19 0.042 ± 0.010 6.58 ± 1.59 0.997
Cu 22.94 ± 1.03 0.010 ± 0.003 5.07 ± 1.63 0.982

During the adsorption process, the release of iron ions from Fe_Alg beads took place. The most
iron was released by systems enriched with metals (Figure 4). After completion of the tests, the DW_PM
system released on average about 35 times more iron compared to the DW_P system, while the SW_PM
system released on average about 5 times more iron than the SW_P system. Iron ions were released into
the solution mainly during the first four hours of adsorption, as was the ion binding on the adsorbent.
A positive correlation with a high correlation coefficient (R = 0.894) was calculated between the amount
of released phosphate ions and the amount of adsorbed metal ions in the DW_PM solution, no such
correlation was found in the SW_PM solution (Figure 5).

Figure 4. Changes in iron concentration in the tested solutions during the adsorption process.
DW_P—deionized water enriched with phosphate, SW_P—effluent from a sludge enriched with
phosphate, DW_PM—deionized water enriched with phosphate and metal ions, SW_PM—effluent
from a sludge enriched with phosphate and metal ions.
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Figure 5. Relationship between the amount of iron released from alginate matrices cross-linked with
Fe3+ ions and the total amount of metal ions adsorbed from a 1 L solution.

2.2. Phosphate Adsorption Isotherm

According to the Giles classification [34], the shape of the obtained phosphate adsorption isotherms
onto Fe_Alg beads indicates that they are L-type isotherms of subgroup 1 (Figure 6). The isotherms
are most commonly found in solute adsorption in aqueous solution and it was indicated that the
adsorption occurs due to relatively weak forces, such as van der Waals forces and a low competition
from solvent molecules [35]. The same form of isotherm was received by authors examining the
process of phosphate adsorption on various adsorbents, e.g., goethite [12], wood fiber treated with
carboxymethyl [18] and surfactant-modified natural zeolite [36].

Figure 6. Freundlich isotherms of phosphate adsorption onto alginate matrices cross-linked with Fe3+

ions. DW_P—deionized water enriched with phosphate, SW_P—effluent from a sludge enriched with
phosphate, DW_PM—deionized water enriched with phosphate and metal ions, SW_PM—effluent
from a sludge enriched with phosphate and metal ions.

This isotherm type is usually described by the Freundlich or Langmuir models. The phosphate
adsorption system from DW_P and DW_PM was better described by the Freundlich model, because
the value of Radj

2 was higher than the value of this parameter calculated for the Langmuir model
(Table 3). This type of isotherm presumes that the multilayer of the adsorption process occurs on
a heterogenous surface. The values kF were higher in the isotherm describing adsorption in DW_PM,
which indicates that in the equilibrium state, a higher sorption capacity of Fe_Alg beads relating to
phosphate was in this system.
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Table 3. Freundlich and Langmuir isotherm constants for phosphate adsorption onto alginate matrices
cross-linked with Fe3+ ions. DW_P—deionized water enriched with phosphate, SW_P—effluent from
a sludge enriched with phosphate, DW_PM—deionized water enriched with phosphate and metal
ions, SW_PM—effluent from a sludge enriched with phosphate and metal ions.

Solution

Freundlich Model * Langmuir Model **

1/nF kF Radj
2 qm

(mgPO4 g−1)
kL

(L mgPO4
−1)

Radj
2

DW_P 0.49 ± 0.06 9.98 ± 0.89 0.968 89.3 ± 21.9 0.055 ± 0.008 0.913
DW_PM 0.44 ± 0.01 14.5 ± 0.34 0.998 112 ± 32.0 0.063 ± 0.007 0.947

SW_P 0.42 ± 0.08 19.8 ± 3.26 0.898 100 ± 11.8 0.135 ± 0.005 0.994
SW_PM 0.48 ± 0.05 11.0 ± 0.95 0.964 83.5 ± 8.01 0.083 ± 0.003 0.993

* Freundlich qe = kFC
1/nF
e ; ** Langmuir qe =

qmkLCe

1+kLCe

The phosphate adsorption from SW_P and SW_PM systems was better described by the Langmuir
model: values of Radj

2 were very high: 0.994 and 0.993, respectively. This model indicates that
adsorption is proportional to the fraction of surface of the open adsorbent. The value kL was higher
in the isotherm describing adsorption in the SW_P solution, which indicates that in the equilibrium
state, a higher affinity of Fe_Alg beads relating to phosphate was in the SW_P system. In the presence
of metals, this affinity decreased. Comparable values of qm in SW_P and SW_PM systems indicate
a comparable number of active sites.

A comparison between the calculated parameters of adsorption isotherms and parameters
calculated by other authors, who studied adsorption of phosphate ions on adsorbents containing
iron, indicates comparable or higher sorption capacity of Fe_Alg beads relating to phosphate in the
multicomponent solutions. For values of the kF calculated for iron oxide tailing [15], goethite and
alginate/goethite beads [37], Fe-Mn binary oxide [13] ranged from 11.7 to 27.2, while the calculated
values of qm ranged from 8.2 to 108 mgPO4 g−1.

3. Discussion

Adsorption studies in multicomponent solutions, such as wastewater and their processing
products, are important for the design, optimization and operation of purification technologies in the
aquatic environment. In particular, heavy metal ion adsorption in multicomponent systems has been
recognized as a strong antagonistic removal process, in which the properties and concentrations of
compounds affect the adsorption efficiency [38–40]. The research conducted on the competitiveness
of phosphate and multivalent metal adsorption by Fe_Alg showed that phosphate adsorption in
the DW_PM solution was greater compared to the SW_PM solution. Intensification of phosphate
adsorption in multicomponent solutions may be caused by multivalent metals forming additional
active centers on the adsorbent. The mechanism of metal and phosphate adsorption on alginate gel
matrices is different. Carboxylate function groups of alginate are negatively charged in neutral and
alkaline media and hence, have greater affinity to cations. The sorption of polyvalent metal ions onto
alginate takes place via a specific ion exchange mechanism involving the replacement of other cations
by metal ions [41,42]. Studies on adsorption of multivalent metals to calcium-crosslinked alginate beads
have shown that the metal uptake capacity at low pH is attributed to an ionic exchange protons [43,44]
and showed high affinity for polyvalent metal ions, especially within a low-concentration region [45].
Alginate acid, in combination with multivalent metals, creates structures with large specific surface
area and anionic sorption capacity, which enables phosphate binding on alginate adsorbents. Metals in
the form of hydrogel capsules are characterized by higher sorption capacity per unit of metal, which is
a consequence of the development of the adsorbent’s specific surface and large dispersion of metal
cations on it [46], which can lead to the formation of more active sites on the adsorbent. Alginate is rich
in carboxyl, hydroxyl and other active functional groups which can react with heavy metals through
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ion exchange or complex reaction [22,42]. The research carried out in this work showed that all the
tested metals were adsorbed in solutions prepared in deionized water and in effluent water along with
phosphate on Fe_Alg. During adsorption, partial exchange of the adsorbed metals with iron ions took
place, which is indicated by a multiple increase in iron concentration in solutions containing DW_PM
and SW_PM metals compared to DW_P and SW_P solutions. It suggests an ionic exchange process.
This applies more to the DW_PM system, where a positive correlation was found between the amount
of adsorbed metal ions and the amount of released iron ions. Studies on the relationship between the
physical parameters of various metal ions, including toxic metal ions, and the binding affinity of these
metal ions for alginate, have shown that Pb2+, Cd2+, Cu2+ and Zn2+ have higher affinity to alginates in
comparison to Fe3+ [47,48]. In the DW_PM solution, the ionic exchange between metal ions and Fe3+

was four times greater than in the SW_PM solution, which is indicated by a much greater amount
of released Fe3+ ions in the DW_PM solution. For the tested systems, the affinity of the Fe_Alg for
metal ions was in the following decreasing order: Pb2+ > Cu2+ > Cd2+ > Zn2+ in DW_PM, and Cu2+ >

Pb2+ > Cd2+ > Zn2+ in SW_PM. Metals’ adsorption in the DW_PM solution is consistent with other
reports, in which the adsorption of these metals on calcium-crosslinked alginate adsorbents [49,50],
on alginate modified by the grafting of urea maintained [51] and on activated carbon-containing
alginate adsorbent [52] was studied. An affinity of Fe_Alg for number of metal ions found in the study
are consistent with the ability of sodium alginate to bind to multivalent cations following the sequence
of Pb2+ > Cu2+ > Cd2+ > Ba2+ > Sr2+ > Ca2+ > Co2+ > Ni2+ > Zn2+ >Mn2+ [53].

The second mechanism of metal binding in alginate is the formation of coordination
complexes [42,53]. According to the metals’ classification of Nieboer and Richardson [54], lead
belongs to type B metals and is characterized by a high value of the covalent index, i.e., strong ability to
accept electrons from the ligand donor atom, and high value of the ion index, which is a measure of the
possibility of ionic bond formation. Lead ions have the highest values of these two parameters among
environmentally important metals. As a result, lead ions in a neutral environment and in the presence
of various ligands with donor atoms form one of the most stable complexes. This explains why lead
adsorption was high and comparable in the both of the tested systems: DW_PM and SW_PM. The other
examined metals: copper, cadmium and zinc, belong to the intermediate-type metals and their ions
are characterized by lower value of the covalent index (copper has the largest one) and the ion index
compared to lead ions. Analysis via Fourier transform infrared spectroscopy (FTIR) of the sodium
alginate crosslinking with CaCl2 after adsorption from tetra metallic mixture solution, Cu2+, Zn2+, Ni2+

and Cd2+, showed that metal ions bind to carboxyl and hydroxyl groups. The adsorption experiments
demonstrated that the beads exhibited a high removal efficiency for the selective adsorption of Cu2+.
It was due to better bond stability with Cu2+ compared to other metals [50]. Research conducted by
Chen et al. [42] showed that the nature of lead uptake was the typical ion exchange between Ca2+ and
Pb2+ at the carboxylate anionic site, whereas the copper uptake took place through the ion exchange
between Ca2+ and Cu2+ as well as the formation of the coordination complex. These different binding
mechanisms may cause a greater adsorption of copper than that of lead and a relatively low adsorption
of phosphate in the SW_PM solution. The higher adsorption of metals, found in the SW_PM (pH
6.8) solution compared to DW_PM (pH 5.6), could have been influenced by the small pH difference
between these solutions. Numerous experimental results indicate that pH is one of the most crucial
factors influencing the efficiency of the metal ion uptake process. It is justifiable, as it is able to change
both the surface properties of the bio-sorbent and the metal ion form in the bulk solution. The former
factor is usually modeled by assuming the effect of competition between the metal ions and protons
for the available binding sites or by applying the ion-exchange models, in which binding of the metal
ion occurs in the reaction with protonated surface sites, accompanied by release of proton(s) [49].
Studies of ion exchange of various metals in alginate under different pH conditions showed that this
exchange significantly decreased with decreasing pH [48]. The exception in the experiment was lead,
the adsorption of which in the DW_PM and SW_PM solution was at a comparable level. Greater
adsorption of the investigated metals of the intermediate type in the SW_PM solution may result from
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the presence of various types of compounds that, after adsorption, can form complex compounds with
these metals. Intermediate-type metals, compared to B-type metals, have stronger tendency to complex
with ligands other than water, and form complexes with donor atoms, such as oxygen, nitrogen and
sulfur [54].

The research carried out showed that in the solution prepared based on distilled water, the addition
of metals increased the adsorption of phosphate, which is indicated by the higher value of adsorption
at equilibrium state in the DW_PM solution compared to DW_P, and the higher value of kF in the
Freundlich isotherm calculated for the phosphate adsorption process in these systems. The increase
in phosphate adsorption in a solution containing only phosphate and metals compared to a solution
containing only phosphate indicates a slight synergistic effect of metals on phosphate adsorption. This
process was best described by the Freundlich model, which is characteristic of multilayer adsorption.
The slower adsorption rate of phosphate in the DW_PM solution compared to the SW_PM solution
could be related to the formation of subsequent layers. In the SW_PM metal-enriched effluent water,
the adsorption of phosphate on Fe_Alg was lower compared to the adsorption in the SW_P system.
The addition of metals reduced phosphate adsorption, which is indicated by the lower value of
adsorption at equilibrium state in the SW_PM solution compared to SW_P, and the kL parameter in the
Langmuir isotherm calculated for the phosphate adsorption process in this system. This process was
best described by the Langmuir model, which is characteristic of monolayer coverage and no later
interaction between adsorbed molecules. Calculated reaction rate constants in the pseudo-second-order
equation show that the process was much faster than for solutions containing only phosphate and metals
(DW_P and DW_PM). This could be due to the formation of a single layer of adsorbed components,
largely formed by metals, as indicated by their greater adsorption in the SW_PM solution compared to
DW_PM. Results indicated that phosphate and multivalent metal ions in effluent water might show
competitive adsorption. Less phosphate adsorption in this system could also be caused by the presence
of compounds in effluent water that, in the presence of metals, compete with phosphate for active
sites on the adsorbent surface. Metal ions studied at work can form complexes with donor atoms,
such as oxygen, nitrogen and sulfur. These complexes could hinder the adsorption of phosphates in
the SW_PM solution. As a result of the adsorption of Cu2+, Zn2+ and Cd2+, new active sites could
be created, which had a greater affinity for other SW compounds of anionic nature then phosphate.
Such anion behavior was observed during the study of the effect of the coexisting ions on the adsorption
of fluorides on the alginate gelled with zirconium in wastewater. The presence of HCO3

−, SO4
2− and

PO4
3− had a large negative impact on fluoride removal. The decreased defluorination was attributed

to the lower affinity of zirconium alginate for fluoride and a competition between the fluoride ions and
the other anions [55].

The conducted research indicates that the possibility of using phosphate ion adsorption on alginate
matrices to recover phosphorus from liquid waste in sewage treatment plants is limited. To limit
the competitive effect of metals on the phosphate adsorption process, the method should be used
in municipal wastewater treatment plants in small, non-industrial agglomerations. Treated effluent
water must not contain toxic metals, such as lead and cadmium, which do not perform any biological
functions. In the case of other metals, tests should be carried out to determine their limit concentrations,
which do not pose a threat to the environment.

4. Materials and Methods

4.1. Materials

Alginate matrices, cross-linked with Fe3+ ions (Fe_Alg) with bead size 2.5–3.0 mm, were used as
adsorbents. The hydrogel beads were produced with the injection method. Nine grams of sodium
alginate powder (Keltone HV, ISP-Germany, Marl, Germany) was dispersed in 600 mL of deionized
water to give a 1.5% w/v alginate solution. This solution was mixed with a mechanic stirrer until
a transparent, viscous solution was obtained. In order to receive a solution containing fully hydrated
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polymer chains, the mixing process was carried out with use of a magnetic agitator for 24 h. Hydrogel
capsules of alginate/Fe(III) were received by dosing the sodium alginate in a quantity of 5 mL each
time with the classic 10 mL syringe (Polfa S.A., Lublin, Poland), ended up with a needle diameter
0.8 × 40 mm (TERUMO, Belgium, Levuen, Belgium), to 100 mL FeCl3 0.155 M solution, at 2–3-min
intervals. Time of the reaction after injection of the polysaccharide solution was 70 min. During forming
the beads, the FeCl3 solution was stirred continuously at 600 rpm. The beads were rinsed with distilled
water, the liquid was drained, and the adsorbent was sealed in a deionized water (DW) container.

The following salts were used to prepare the adsorbed ion solutions:
CuSO4, (CH3COOH)2Cd, Pb(NO3)2, ZnSO4 and KH2PO4 (EUROCHEM BGD, Tarnów, Poland).

The solutions were prepared in DW and by enriching water effluent from a sludge thickener press
(SW) with them, some selected qualitative indicators of SW are shown in Table 4. The SW solution
comes from a mechanical-biological sewage treatment plant (Nowogard in Poland) with a capacity
of 3400 m3/d.

Table 4. General characteristics of the tested effluent from a sludge.

Water Quality Indicators Value Water Quality Indicators Value

pH 7 N_Ammonia, mg/L 12.19
RedOx Potential Eh, mV −36.6 N_Nitrite, mg/L 0.03

Color, mgPt/L 19 s N_Nitrate, mg/L 7.43
turbidity, (Nephelometric Turbidity Units) NTU 65.8 Cu2+, mg/L 0.0065

Hardness, CaCO3 mg/L 220.4 Pb2+, mg/L 0.0341
Alkalinity, mval/L 4.1 Zn2+, mg/L 0.0592
Phosphate, mg/L 8.06 Cd2+, mg/L 0.0025

4.2. Analytical Methods

Determinations of tested water quality indicators were carried out using standard methods [56].
Contents of total metals (Cu, Cd, Pb, Zn and Fe) in the solutions were determined by means
of Atomic Absorption Spectroscopy using a spectrometer ThermoElemental, Solaar S, Walthman,
USA with atomization occurring in acetylene/air flame. Phosphate concentration was measured by the
molybdenum blue colorimetric method [57] using a two-beam spectrophotometer Techcomp UV/VIS
8500 at 890 nm wavelength.

4.3. Adsorption Kinetic Measurements

The phosphate adsorption kinetics on Fe_Alg beads were studied in 10 mg PO4 L−1 solutions
prepared on the basis of DW and SW without addition of DW_P and SW_P, as well as with the addition
of metal ions: Cu2+, Cd2+, Pb2+ and Zn2+ (DW_PM and SW_PM) at the concentration of each metal
ion of 10 mg/dm3 and a constant ionic strength of 30 mmol against KCl, as proposed by Naira et al. [58].
A volume of 50 mL of prepared solutions and 0.01 g dry matter Fe_Alg matrices was added into the
conical flasks with a capacity of 100 mL. Nine measuring series were prepared for each type of solution
in duplicate. Changes in phosphate and metal contents (including iron) in the aqueous phase were
tested in successive series after 0.25, 0.5, 1, 12, 4, 8, 34, 56 and 105 h. In parallel, the concentration of
phosphate and metals in control samples without adsorbent was tested.

4.4. Phosphate Adsorption Experiments

Phosphate adsorption characteristics were studied in a static batch system proposed by Naira et
al. [58]. The tests were carried out at 20 ◦C in DW and SW, which were enriched with phosphate(V)
ions at a concentration of 10, 20, 30, 40, 60 and 80 mg L−1 (DW_P and SW_P), and metal ions: Cu2+,
Cd2+, Pb2+ and Zn2+ at a concentration of 5 mg L−1 each (DW_PM and SW_PM), with a constant ionic
strength of 30 mmol against KCl. A volume of 50 mL of prepared solutions and 0.01 g DS Fe_Alg
matrices was added into the conical flasks with a capacity of 100 cm3. Changes in the content of
phosphate ions and metals in the solution were tested at equilibrium after 56 h. The mixtures were
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shaken on a laboratory shaker for two hours in the beginning and the end of the adsorption process.
The experiment was carried out in triplicate.

4.5. Data Analysis

The linearized form of equations was used to determine the parameters of mathematical models
describing the kinetics of the adsorption process studied. Kinetic data of phosphate sorption on Fe_Alg
was described using the pseudo-second-order rate equation developed by Ho and McKay [59,60]
(Equation (1)):

dat

dt
= k2·

(

aeq − at

)2
(1)

The solution to this equation under boundary conditions t = 0 to t = t and from at = 0 to at = aeq is
Equation (2):

1
at

=
1

k2a2
eq

+
t

aeq
(2)

where k2 is the second-order rate constant of adsorption, and aeq is the amount of phosphate adsorbed
at equilibrium [61].

The equilibrium data for the removal of phosphate in the present investigation were analyzed
using the two-parameter model, Langmuir (Equation (3)) and Freundlich (Equation (4)) isotherms:

qe =
qmkLCe

1 + kLCe
(3)

qe = kFC
1/nF
e (4)

where Ce is the equilibrium concentration of phosphate in the solution, qe is the correspondent uptake
capacity of the adsorbent, qm is the maximum adsorption capacity, kL is the affinity constant (Langmuir
constant), kF and nF are Freundlich constants and 1/nF is the heterogeneity factor.

The linear equations of Langmuir and Freundlich are represented as follows (Equations (5) and
(6), respectively).

Ce

qe
=

1
kL(qm)

+
Ce

qm
(5)

logqe = log kF +
(logCe)

nF
(6)

Linear regression analysis has been used to determine the best-fit isotherm and the method of
least squares has been used for finding parameters of the equations. For the fitting-degree of the
isotherms and kinetic equation with the experimental data, the adjusted coefficient of determination,
Radj

2, was used. The Radj
2 is a good tool in selecting models, which takes into account the experimental

degrees of freedom (n1), where n is the number of data points [35]. All statistical analyses were
performed with the software STATISTICA version 13.3.
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Abstract: As a remedy for environmental pollution, a versatile synthetic approach has been developed
to prepare polyvinyl alcohol (PVA)/nitrogen-doped carbon dots (CDs) composite film (PVA-CDs) for
removal of toxic cadmium ions. The CDs were first synthesized using carboxymethylcellulose (CMC)
of oil palms empty fruit bunch wastes with the addition of polyethyleneimine (PEI) and then the CDs
were embedded with PVA. The PVA-CDs film possess synergistic functionalities through increasing
the content of hydrogen bonds for chemisorption compared to the pure CDs. Optical analysis of
PVA-CDs film was performed by ultraviolet-visible and fluorescence spectroscopy. Compared to
the pure CDs, the solid-state PVA-CDs displayed a bright blue color with a quantum yield (QY)
of 47%; they possess excitation-independent emission and a higher Cd2+ removal efficiency of
91.1%. The equilibrium state was achieved within 10 min. It was found that adsorption data fit well
with the pseudo-second-order kinetic and Langmuir isotherm models. The maximum adsorption
uptake was 113.6 mg g−1 at an optimal pH of 7. Desorption experiments showhe that adsorbent
can be reused fruitfully for five adsorption-desorption cycles using 0.1 HCl elution. The film was
successfully applied to real water samples with a removal efficiency of 95.34% and 90.9% for tap and
drinking water, respectively. The fabricated membrane is biodegradable and its preparation follows
an ecofriendly green route.

Keywords: biomass waste; N doped carbon dots; adsorption; Cd (II); mechanism; water remedy

1. Introduction

Water is the prime component of human survival. Nevertheless, environmental pollution caused by
heavy metals owing to the inappropriate disposal of wastewater is becoming a worldwide concern [1,2].
Cd(II) metal is one of the most toxic substances that tend to accumulate in living organisms. According
to the Disease Registry and Environmental Protection Agency (EPA), Cd(II) ranks seventh on the
top 20 toxic chemicals priority list [3]. Long-term exposure to Cd(II) results in a series of harmful
diseases in humans ecosystem damage [4]. Due to its toxic effects on human health, the separation and
elimination of Cd2+ from aquatic media is still a hot research topic. Among the solutions, zeolites [5],
polymeric compounds [6] and carbon-based materials [7,8] are the most widely used sorbents for the
removal of chemical pollutants, due to their large surface area and tunable pore size.

Nowadays, carbon dots (CDs) have gained considerable attention for heavy metal removal from
aqueous systems [9,10]. These CDs, with sizes less than 10 nm, exhibit outstanding properties like
ease of preparation, non-toxic nature and excellent luminescence behavior. These features make CDs
ideal to be applied for wastewater remediation, photocatalysis, cell imaging, cancer therapy and
metal sensing [11–14]. Many protocols including an arc-discharge approach [15], electrochemical
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oxidation [16], microwave treatment [17] and a hydrothermal route [18] have been demonstrated for
the production of CDs. Among all the reported protocols, the hydrothermal route is the most preferred
technique for its simplicity, mild conditions and high fluorescence quantum yield (QY).

More recently, hydrothermal approaches using a variety of natural carbonaceous precursors have
been successfully employed to obtain CDs [19–24]. In particular, the usage of lignocellulosic wastes was
fruitfully utilized for their cost-effective and eco-friendly resources [25–31]. However, existing works
have indicated several drawbacks like weak QY and harsh synthesis conditions [27,28]. One should
note that the replacement and clustering degree of cellulose rings and the chain length, as well as the
choice of additives, are the key factors influencing the final QY of CDs. Carboxymethylcellulose (CMC)
is the main modification of cellulose in which carboxymethyl species replace several hydrogen atoms
of the hydroxyl moieties on the cellulose framework [10,32]. These biocompatible resources enriched
with ether and hydroxyl groups can accelerate the synthesis process through successive substitution
reactions and enhance the removal uptake by providing adsorption sites [2,29]. Thus, full exploitation
of these low-value wastes to recycle them and develop new value-added carbonaceous materials
is of great interest. The encapsulation of CDs into solid-state film is still challenging as they show
photo-quenching properties after the immobilization processes, make them unsuitable for application
in a variety of fields [4].

Previous works have reported the workability of incorporating CDs with metallic compounds or
polymers without affecting the optical performance [33,34]. There have been a few works explaining
the integration of CDs into hydrogels for several functions. Among them, polyvinyl alcohol-based films
were frequently used to prepare freestanding luminescence films for green CD encapsulation [35–38],
due to their biocompatibility, non-toxicity and hydrophilicity [39–43]. Despite the strong optical
efficiency that was achieved using CDs-based hybrid films, several existing drawbacks, including long
equilibration times of more than 1 h [7,44,45] and low removal uptake [45–47], have restricted their
Cd2+ removal applications. Therefore, it would be sensible to develop highly photoluminescence CDs
to enhance their performance towards heavy metal removal from contaminated water. It is well known
that surface doping of CDs with N can effectively tune its electronic structure, provides available sites
and enhanced PL, which are great significance for efficient and selective recognition and capture of
metal ions [10,48].

In this regard, herein, we report a versatile one-pot route for production CDs from CMC
with the assistance of PEI dopant. The as-obtained CDs were then integrated with a PVA matrix
to develop a (PVA-CDs) free-standing membrane, which was further applied for Cd2+ removal
from wastewater. The physicochemical properties of bare CDs and PVA-CDs film were thoroughly
studied using different analytical techniques including low and high-resolution transmission electron
microscopy (TEM, HRTEM), X-ray diffraction (XRD), zeta potential (η), X-ray photoelectron spectra
(XPS), Fourier transform infrared (FTIR) and UV/VIS spectroscopy (UV–Vis) and fluorescence spectra
(PL). Impressively, the as-developed PVA-CDs film exhibited blue emission with enhanced QY up
to 47% in comparison to the isolated CDs (greenish, 44%), which could be ascribed to a H bonding
effect. The photo- and thermostability of the film resulted in no apparent reduction in the PL emission.
The developed film was utilized for Cd2+ removal from water and emphasis was placed on the
adsorption mechanism by studying the sorption kinetics and isotherms. Furthermore, desorption and
regeneration studies were also conducted to evaluate the reusability of the film.

2. Results and Discussion

2.1. Synthesis of CDs and PVA-CDs

Figure 1 shows a schematic representation of CDs and PVA-CDs composite development. CMC,
as a green and economic resource, is used as a carbon precursor for the production of fluorescent
CDs. In contrast to other lignocellulosic materials reported in the literature [27,29], CMC of empty
fruit bunches is enriched with ether and hydroxyl moieties which could play a major role in the
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enhancement of substitution degree and carbonization acceleration. Branched PEI was selected as
a dopant for its feature to inject electron-rich N into the final framework of CDs and increasing QY
with the ability to capture metal ions [9]. The as-formed CDs exhibit a yellow color, showing greenish
emission under UV-lamp (365 nm), good water solubility and long shelf-life (up to 1 year) with no
apparent agglomeration. These CDs were encapsulated with PVA polymer host to develop a solid-state
hybrid film for heavy metal complexation in an attempt to overcome the separation issues of the liquid
phase [4]. In comparison to the liquid CDs, the as-obtained film is transparent under daylight while
they exhibited a bright blue emission under UV exposure. This transformation from greenish to blue
could be due to the formation of hydrogen bonds from the numerous interactions of CD surface sites
and the PVA substrate [41,49].

Figure 1. Schematic representation of the preparation of CDs and PVA-CDs film from CMC waste.

2.2. Physical Structure

Figure 2 show the TEM, HRTEM and XRD results of the CDs. TEM images (Figure 2a) reveal that
the obtained CDs have a monodispersed spherical structure, with an average size of 4.1 nm. Based on
the HRTEM images (inset of Figure 2a), these nanodots have high crystallinity domains, demonstrating
the presence of a graphitic inner core. The well-resolved lattice fringes show an interplanar distance
of 0.24 nm, which is close to the (100) facet of graphite, similar to previous reported studies [50–52].
Based on the particle size distribution histogram, which was calculated from one hundred nanoparticles
(Figure 2b), the CDs have a size distribution ranging from 3 to 9 nm with an average diameter of about
4.2 ± 0.5 nm. The XRD data displayed a diffraction peak at a 2θ value of 23.8◦ attributed to the (002)
lattice spacing of graphitic-like carbon, in line with other works [50–53]. The measured zeta potential
of the CDs (Figure S1) found to be −8.71 mV at pH 7, implying a negatively-charged CDs edges.

Figure 2. (a) TEM of CDs, (b) particle size distribution, (c) XRD patterns of CDs. Inset: HRTEM of CDs.
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2.3. Chemical Structure

XPS was used to gain insight into the chemical composition of the used and formed materials.
As presented in Figure S2, the XPS spectrum of CMC is mainly composed of C1s and O1s. Meanwhile,
CDs indicated the presence of C1s, O1s and N1s, suggesting the formation of graphene CDs with
the abundance of N. It can also be seen that the peaks of both C1s and O1s were remarkably higher
than that of CMC, implying the occurrence of aromatization reaction with a high degree of surface
oxidation. The high-resolution XPS survey of C1s (Figure 3a) displayed C-C, C-N, C-O and C=O
at 284.6, 285.5, 287.4, and 287.9 eV, respectively. The dominant peak of sp2 hybridized C-C (52.4%)
suggests a high degree of graphitization. The N1s band (Figure 3b) showed three peaks at 398.8,
399.7 and 400.8 eV associated with graphitic N, pyridinic N and N–H, respectively. The formation of
graphitic and pyridinic N indicate the effective N-doping of CD. Meanwhile, non-graphitic amines
like N-H distributed around CDs through Maillard chemistry reaction [54–60]. The O1s spectrum
(Figure 3c) showed two peaks at 530.7 and 531.9 eV corresponding to O-H and C=O, respectively. It is
worth noting that the incorporation of active moietises including N-H and C=O can effectively enhance
the QY of CDs, which provide more active sites for capturing a variety of analytes [4,13,48].

Figure 3. The high-resolution XPS survey of (a) C1s, (b) N1s and (c) O1s, (d) FTIR spectra of CDs
and PVA-CDs.

The corresponding elemental compositions (in atomic ratios) are summarized Table S1. The atomic
ratio C/N/O is found to be 67/12/21, demonstrating the successful doping of N-atom into the conjugated
carbon skeleton domains of the CDs [61]. The high content of carbon compared to oxygen emphasizes
a fruitful aromatization reaction with the elimination of O moieties. These active sites can tune the
electronic structure, surface chemical characteristics and PL emission, which are vitally necessary for
the selective sensing and removal of different metal ions [10,25].

Further confirmation about the chemical binding and surface functionalities was obtained using
FTIR as presented in Figure 3d. In comparison to the spectra of CDs, new peaks at 1438 and 1738 cm−1

were formed, which are ascribed to hybridized C=C and C-H moieties, respectively [40]. Besides,
there is a shift from 1266 to 1368 cm−1 and an increase in the intensity of the C-N band, implying a
plausible involvement of graphitic N in the encapsulation process. Furthermore, the change in position
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and shape of the C–H bending from 725 to 772 cm−1 indicates the formation of hydrogen bonds between
CDs and PVA polymer [40]. Moreover, an obvious increment and shift of the C-O, C-O-C and C=O
bands from 1046 to 1096 cm−1, 1017 to 979 cm−1 and 1641 cm−1 to 1647 cm−1, respectively, were also
observed. This provides evidence that both O species and topological traps were altered [49,62].
The above results are consistent with the XPS data, confirming the successful interaction between PVA
host and CDs.

According to the XPS and FTIR data, it can be said that the abundance of H-containing functional
groups on the surface of CDs plays a significant role to interact covalently with the PVA matrix [63].
In details, the presence of –OH, –COOH, and –NH implies that the H-containing groups are partly
tethered on the edge of the CDs, rather than being completely encapsulated in the CDs [63]. From the
FTIR spectra in Figure 3d, the appearance and enhancement of the C=C, C-N and C-H bands
demonstrate the existence of chemical linkages between the CDs with the PVA host, forming a
cross-linking network domain.

2.4. Optical Properties

UV-vis absorption and PL spectra were recorded to study the optical behavior of the liquid and
solid-state CDs. The UV-Vis absorption spectra (Figure 3a) of both CDs and PVA-CDs film exhibit two
absorption peaks centered at 294 and 340 nm, corresponding to the π-π* transition and n-π* transition
of C=C and C=O, in line with previously reported data for carbon dot-based materials [10,40].

The PL spectra (Figure 3b) reveal that the excitation/emission maxima of PVA-CDs film were
red-shifted by about 10 and 3 nm, respectively, compared to that of CDs. This may be due to the PVA
environment, which can act as a surface passivation agent for CDs [64]. The QY of the developed
PVA-CDs composite film was determined and found to be 47%, which is higher than that of CDs
(inset of Figure 2b). The QY enhancement might be due to hydrogen bonding interactions in the
PVA/CDs composite as suggested by the FTIR analysis (Figure 3b). This binding can produce plenty
of physical crosslinking points for the CDs in the more confined environment of the PVA matrix,
which provide a stabilization effect on the electron/hole pairs for more efficient radiative recombination,
as reported in the literature [41,49,64]. The emission spectra (310–380 nm in range) of the CDs remained
unshifted as the excitation wavelength was varied from 310–350 nm. Beyond 350 nm, a red-shift
of the PL intensity was observed. The particle size selection and surface traps of CDs are the main
factors responsible for the emission variation [27,51,65,66]. In contrast to the liquid CDs, PVA-CDs
film exhibits only excitation-independent emission phenomena when exposed to varied excitation
wavelengths (Figure 7c), which agrees with previous work [40]. This phenomenon is more favorable
for a variety of applications as it prevents auto-luminescence [67].

To evaluate the photostability of the PVA-CDs composite film, the developed films were stored
under daylight for one month and the PL spectra were recorded. The PL spectra (Figure S3a) display
no apparent loss in PL intensity even after this duration of daylight illumination, retaining about 97%
of their original PL emission. Moreover, the effect of varied temperate on the PL emission was also
measured. As presented in Figure S3b, PL intensity retention of 97.8% was shown as the temperature
increases from 25 to 65 ◦C. The enhanced QY and photostability of the PVA-CDs render them ideal for
using these films in a wide range of applications including the detection and removal of metal ions.

2.5. Heavy Metal Complexation Test Using PVA-CDs Films

XPS and FTIR data confirm that the as-obtained PVA-CDs composite film is enriched with active
sites. These sites can act as a bridge for the PVA-CDs to interact with heavy metals leading to metal
complexation and rapid removal from wastewater. In this work, the selectivity of the PVA-CDs to
adsorb heavy metals was tested in the presence of 50 ppm of Ni2+, Pb2+, Cd2+, Zn2+ and Hg2+ at pH 7
for 10 min. The results reveal that the removal efficiencies of PVA-CDs film towards Ni2+, Pb2+, Cd2+,
Zn2+ and Hg2+ were about 46.37, 91.26, 61%, respectively (Figure S4). This suggests the more effective
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chelating kinetics of Cd2+ to bind with the functional moieties on the PVA-CDs surface compared to
other metal ions [10,68].

2.6. Effect of pH and Contact Time on Cd2+ Removal

To optimize the analytical performance, the influence of pH and response time on Cd2+ adsorption
using PVA-CDs film were evaluated. Figure 4a shows the % adsorption of Cd2+ using PVA-CDs and
uncoated CDs at different pH values (3–11). The adsorption efficiency of Cd2+ for both PVA-CDs and
uncoated CDs were found to rise in alkaline solutions, with a maximum % adsorption of 91 and 83,
respectively. The low uptake in acidic medium could be ascribed to the release of H3O+ ions. The latter
compete with Cd2+ for the surface sites of the adsorbent, leaving free metal in the suspension [69,70].
However, this effect is reduced with rising pH and the electrostatic attractions become dominant,
thus enhancing the adsorption capacity [1]. Next the effect of contact time (from 1 to 25 min) on
the % adsorption of Cd2+ was studied (Figure 4b). As shown, after only 10 min the PVA-CDs film
reached the highest adsorption removal (91%). Meanwhile, an incubation period of 30 min was found
sufficient to achieve an adsorption of 86% using uncoated CDs. In comparison to CDs, the PVA-CDs
film is more efficient in terms of both adsorption time and removal efficiency. This enhancement in a
remarkably short duration could be related to the formation of hydrogen bonds that facilitate provide
more electrostatic exchange with Cd2+ and thus improve the % adsorption [40].

Figure 4. (a) UV-Vis absorption spectra of bare CDs and PVA-CDs film with inset photographs under
daylight (left) and UV-light (right), (b) PL emission with inset showing QY, (c) excitation-dependent
emission spectra of pared CDs and (d) excitation-dependent emission spectra of PVA-CDs film.
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2.7. Adsorption Kinetics and Isotherm

To explain the adsorption of Cd2+ onto PVA-CDs, the first- and second-order kinetic models were
evaluated, which can be described by the following equations:

First-order kinetic model:

log(qe − qt) = log qe − (k1/2.303)t (1)

Second-order kinetic model:
t/qt = 1/

(

k2 q2
e

)

+ t/qe (2)

where qt and qe (mg/g) are, respectively, the adsorption capacity at time t and equilibrium. k1 (min−1)
and k2 (g (mg min)−1) are the rate constants of first- and second-order models, respectively.

The adsorption performance can be determined using Langmuir or Freundlich models using the
following equations, respectively:

Ce/qe = C/qm + 1/(qm kL ) (3)

log qe = log k f + 1/n× log Ce (4)

where qe and Ce are the equilibrium adsorption uptake (mg/g) and equilibrium concentration of the
metal ions (mg/L), respectively. qm is the maximum adsorption capacity (mg/g) and KL is Langmuir
constant. Freundlich variable K f describes the capacity of the absorption experiment and n indicates
the isotherm nonlinearity.

Studying the adsorption kinetics is necessary for wastewater treatment as it affords substantial
insights into the adsorbent nature and the dynamic process. Thus, the rate of Cd2+ removal on
PVA-CDs was evaluated from the straight-line plots of ln(qe − qt) versus (t) for first-order (Figure 4a)
and t/qt against (t) for pseudo-second-order models (Figure 4b). As shown, the pseudo-second-order
kinetic model has better correlation parameter values compared to the first-order kinetics (Figure 5c,
Figure S5a, Table 1), from which it can be concluded that the mechanism is probably chemisorption [4].

Figure 5. The effect of (a) pH and (b) contact time (pH = 7) on the adsorption efficiency for Cd2+ using
CDs and PVA-CDs, (c) Pseudo-second-order model for adsorption Cd2+ onto PVA-CDs, (d) linearity
graph of Langmuir isotherm.
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Table 1. Kinetic models and isotherms parameters for Cd2+ adsorption onto PVA-CDs.

Pseudo-First Order Pseudo-Second Order Langmuir Freundlich

K1 qe R2 qe KL R2 qe KL R2 Kf n R2

0.1 5.4 0.9853 13.2 0.075 0.9961 113.6 0.016 0.9998 4.64 3.1 0.9853

The adsorption isotherm is studied to calculate the adsorption uptake of an adsorbent and also
to predict the interaction process. For instance, the Langmuir model proposes that the adsorption
occurs by monolayer formation with no remarkable interaction between the adsorbent and adsorbate
moieties, whereas Freundlich assumed that the adsorption capacity occurs on a heterogonous adsorbent
surface [69]. In this regard, the adsorption isotherms (Figure 5d and Figure S5b) under the optimal
conditions at room temperature were plotted. As presented in Table 1, it can be seen that Langmuir
isotherm was a better fit than the Freundlich model according to the correlation coefficients (R2).
Based on Freundlich model investigation, n values are higher than one, confirming that the sorption
reaction could be related to the electrostatic binding between Cd2+ and electron-rich species on the
PVA-CDs surface [4,71]. The maximum adsorption uptake for cadmium onto N-CDs is determined to
be 113.6 mg/g.

To compare the adsorption uptake of N-CDs with other adsorbents, a summary of adsorbent for
Cd2+ removal is listed in Table 2.

Table 2. Comparison of several nanoadsorbents used for Cd2+ removal.

Adsorbent Time (min) qm (mg/g) Ref.

NiFe2O4/hydroxyapatite/graphene quantum dots 10 344.83 [1]

Chitosan-carbon dots 3 112.4 [4]

Poly (acrylic acid)-activated carbon nanocomposite 120 473.2 [7]

SnO2 quantum dots decorated reduced graphene oxide 20 40.81 [46]

Carbon dots modified mesoporous organosilica 500 105.5 [44]

Carbon quantum dots/layered double hydroxide hybrid 20 12.6 [47]

Hollow calcite single crystals with CQDs 90 66.68 [45]

Multiwall carbon nanotubes 120 88.62 [72]

Nano-pumice 120 200 [73]

Nanoscale carbon black 120 31.7 [74]

N doped carbon dots integrated with PVA films 10 113.6 This work

It can be observed that the present nanoprobe has better performance, not only in terms of
high adsorption capacity but also of needing less removal time to reach equilibrium. The Langmuir
separation factor (RL) was also determined and found to be 0.61, emphasizing the favorable Cd2+

adsorption onto PVA-CDs.

2.8. Adsorption Mechanism

Efficiency improvements in heavy metal removal are mainly due to the PVA matrix, as previously
reported [10,75–77]. Meanwhile, the reduction of Cd2+ on uncoated CDs could be explained on the
basis of electrostatic attractions between Cd2+ centers and electron-rich functionalities around CDs.
That means a metal-ligand complex is formed due to the donation effect of electrons from -COO−,
-OH and -N to the d-orbitals of metal, in line with previously reported works [48,78,79]. However,
for the PVA-CDs membrane, a synergetic adsorption activity was noticed. The adsorption/desorption
mechanisms of Cd2+ ions are illustrated in Figure 6. Recent investigations show that PVA-CDs film
favored the rapid adsorption of Cd2+ by providing more -OH sites for target metal ions [70,75–77].
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According to the Pearson assumption, the affinity of heavy metals towards the available sites is ascribed
to the soft acid–soft base binding, where the PVA–CDs act as a soft base and Cd2+ as a soft acid [4,80].

Figure 6. Schematic representation for the adsorption/desorption of Cd2+ by PVA-CDs nanocomposite.

To support the aforementioned assumption, several analyses were carried out. TEM images and
particle size distribution (Figure S6a) show that there is a considerable increase in the nanocomplex
size, with an average diameter of 8.6 nm, suggesting the agglomeration of the complex [81–83].
In comparison to the uncoated CDs (Figure S1), the surface charges of the hybrid film (Figure S6b)
were neutralized with 5.08 eV after adding Cd2+ due to the electrostatic effect [48]. FTIR measurements
(Figure S6c) prove that there is significant shift of the wavenumbers and increments of the characteristic
peaks, particularly C-N, C=O, C-O and C-O-C, demonstrating the involvement of the -COO− and
-N-containing groups in Cd2+ complexation. All the above observations confirm the complex formation
between Cd2+ and ligand spices of PVA-CDs.

2.9. Desorption and Recyclability

The regeneration and reusability performance of the adsorbent was studied to evaluate its activity
for practical use. First, recycling experiments to recover the adsorbed Cd2+ were conducted using urea
(0.1 M), HCl (0.1 M), EDTA (0.1 M) and NaCl (0.1 M). As shown in Figure 7a, the results revealed the
superior effectiveness of HCl to recover Cd2+ from PVA-CDs, consistent with a previous study [84].

Figure 7. (a) Different de-sorbents to recover Cd2+ from PVA-CDs, (b) reusability study of PVA-CDs
for five cycles using HCl and (c) real water sample test of PVA-CDs.
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Next, regeneration tests were carried out using HCl as an eluent. As presented in Figure 7b,
there is no substantial loss of % adsorption even after five adsorption-desorption cycles, in which only
a 19.2% decline in the removal efficiency of the recycled material was shown. The loss in % adsorption
might be assigned to the reduction of the adsorbent or the irreversible occupation of partial adsorption
sites [85]. The good reusability emphasized that the adsorbent could be potentially used for practical
contaminated water remediation.

2.10. Analysis of Real Water Samples

To further validate the applicability of the developed film, the removal of cadmium was tested in
real water samples, including tap water and drinking water. The water samples were acquired from a
biochemistry lab (UPM, Malaysia) and spiked with 50 µM Cd2+ ion solution. The values obtained
were 95.34% and 90.9% in the case of tap and drinking water, respectively (Figure 7c). The results were
compared with the same concentrations in distilled water with a % removal of 93.2%. These above
data emphasized the reliability of the developed luminescence film for the recognition of Cd2+ in
the environment.

3. Materials and Methods

3.1. Materials

CMC of oil palms empty fruit bunch wastes was collected from the Waris Nove Company (Pahang,
Malaysia). Linear PEI (Mn ~5000) and quinine sulfate (quinine hemisulfate salt monohydrate) were
purchased from Sigma-Aldrich (St. Louis, MO, USA). PVA (98% hydrolyzed, average molecular weight
of 72,000 gmol−1) was obtained from R&M Chemicals (Selangor, Malaysia). Deionized water (DI) has
been used throughout all the experiments.

3.2. Preparation of CDs and PVA-CDs

CMC (1 g) was mixed with PEI (1 g) and then dispersed in DI (250 mL). Then, the mixture was
heated in an autoclave at 260 ◦C for 2 h. The resultant supernatant was centrifuged at 12,000 rpm for
10 min to obtain free-dark carbonaceous material. The final suspension was purified through vacuum
filtration (0.22 µm) to remove the precipitate. It was then placed into a dialysis membrane (1 kDa)
so that the contents of salt ions were eliminated. Polyvinyl alcohol-CDs film (PVA-CDs film) was
prepared by mixing N-CDs (1 mL, 1 mg/mL) with PVA solution (1 mL, 1 wt%) under continuous
stirring. Then, the obtained hydrogel was poured on a glass substrate and dried at 80 ◦C for 1 h. Finally,
the PVA-CDs composite film was peeled off from the glass surface to obtain a freestanding film and
stored for further utilization.

3.3. Characterizations

Transmission electron microscopy (TEM) and high-resolution TEM (HRTEM) readings were
carried out using a G2 F20 electron microscope (Tecnai, Hillsboro, OR, USA) with an acceleration
voltage of 200 kV. X-ray powder diffraction (XRD) patterns were measured using a PANalytical
(Malvern, UK) diffractometer with Cu-Kα radiation. Fourier transform infrared (FTIR) spectra (Thermo
Nicolet, Midland, ON, Canada) were measured of 4 cm−1 resolution with KBr as a standard within
the range from 650 to 4000 cm−1. X-ray photoelectron spectra (XPS) (Physical Electronics PHI 5400
spectrometer, Mimos Semiconductors, Kuala Lumpur, Malaysia) were measured using Al-Ka radiation
(hν = 1486.6 eV). Before deconvolution, charge correction was established using Origin 9.0 (OriginLab
Corporation, Northampton, MA, USA) at C1s by setting binding energies of C-C and C-H at 284.8 eV.
The pH values were obtained by a PB-10 pH-meter (Beijing Sartorius Instruments Co. Ltd., Beijing,
China) and zeta potential study of N-CDs was carried out using Zetasizer Nano ZS (Malvern, UK).
UV–Vis spectra of all samples were recorded using a UV-1800 spectrophotometer (Shimadzu, BA29AP,
Corston, UK). Fluorescence spectra were measured in quartz cuvettes with 1 cm path length using a LS
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55 Fluorescence Spectrometer (PerkinElmer, South San Francisco, CA, USA) with a slit width of 15 and
5 nm for excitation and emission, respectively, and a scan rate of 240 nm/min.

3.4. Quantum Yield Determinations

Quinine sulfate in 0.1 M H2SO4 (QY = 54%) was used as a standard fluorophore. The QY was
determined by comparing both absorption and PL emission of the prepared and used materials with
that of quinine sulfate using the following Equation (5) [48]:

QY = QR
I

IS

ODS

OD

η2

ηS2
(5)

where (I) is integrated intensity, (OD) optical density and (η) is refractive index. The subscript S refers
to the standard fluorophore of known QY.

3.5. Adsorption Studies

The feasibility of using the developed PVA–CDs films for heavy metal adsorption was evaluated.
To test the selectivity, the hybrid films (0.1 g) were immersed in solutions of five selected metals: NiCl2,
Pb(NO3)2, Cd(NO3)2, Zn(NO3)2, HgCl2 (30 mL, 50 ppm) at ambient temperature, pH = 7, then washed
several times with DI and the supernatant then analyzed using atomic absorption spectrometry (AAS)
to calculate the remaining metal ion in the solutions.

The kinetic tests were conducted under optimum conditions, agitating at 200 rpm. After a certain
time (t) of adsorption, the residual Cd2+ concentration was measured using the aforementioned
technique. For isotherm modeling, experiments were carried out at room temperature using various
Cd2+ concentrations under optimal pH and contact time conditions. All the experiments were repeated
three times. The equilibrium adsorption capacity, qe (mg/g) and removal efficiency, %adsorption was
calculated using the following equations:

qe =
(Co−Ce)v

m
(6)

%Adsorption =
Co−Ce

Co
× 100 (7)

where m (g) is the mass of adsorbent, v (L) is the volume of solution, Co and Ce (mg/ L) are the initial
and equilibrium concentration of Cd2+ in solution, correspondingly.

4. Conclusions

Eco-friendly photoluminescent CDs were produced from CMC and PEI. The as-made CDs solution
with an abundance with oxygen and nitrogen species displayed a high quantum yield for monodispersed
particles with a great graphitization index. The CDs were integrated with PVA to develop PVA-CDs
fluorescent film which was utilized for the removal of Cd2+ from aqueous media. The results show
that the film exhibited a bright blue color, a higher QY of 47% and an improved Cd2+ removal
percentage of 91.1 % compared to that of bare CDs (greenish, 44%, 80.4%, respectively). The equilibrium
adsorption time was 10 and 30 min for PVA-CDs and CDs, respectively, at an optimal solution pH of 7.
The adsorption process could be explained by pseudo-second-order kinetics and the Langmuir isotherm
model. Under maximum conditions, an optimal adsorption uptake of 113.6 mg g−1 was achieved.
Nanocomplexation is proposed to be the main reason for the removal of Cd2+. The luminescent
film was reusable for multiple desorption-adsorption cycles when regenerated with HCl solution.
The feasibility of using the film was also tested for tap and drinking water with sufficient removal
efficiencies. This work provides insights for developing an eco-friendly and rapid Cd2+ removal method
with practical adsorbent membranes using sustainable and cost-effective carbon dots.
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Supplementary Materials: The following are available online, Figure S1: Zeta potential of CDs, Figure S2:
XPS spectrum of CMC, CDs and PVA-CDs, Figure S3: Photostability of PVA-CDs composite film at different
aging times (a) and at different heating temperatures (b), Figure S4: Selectivity removal of Ni(II), Pb(II), Cd(II),
Zn(II) and Hg(II) by using PVA-CDs composite film, Figure S5: Pseudo-first-order model (a) and Freundlich
isotherm (b) for removal of Cd2+ onto PVA-CDs, Figure S6: (a) TEM image, (b) Zeta potential and (c) FTIR of
PVA-CDs film in the presence of Cd2+. Inset: size distribution, Table S1: Elemental compositions of the EFB,
CDs and PVA-CDs samples by XPS analysis.
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Abstract: Copper ferrite nano-particles (CuFe2O4) were synthesized, characterized, modified with
polyaniline to form CuFe2O4/PANI nano-composite. They were used as new adsorbents for the
removal of the hazardous mercuric ions from aqueous solutions. High resolution transmission
electron microscope (HR-TEM), X-ray diffraction (XRD), Fourier-transform infrared (FT-IR) and
Brunauer–Emmett–Teller (BET) were used for the characterization of the synthesized CuFe2O4

nano-particles (NPs) in presence and absence of PANI nano-composite. The synthesized CuFe2O4NPs
were of spherical shape with an average size of 10.8 nm. XRD analysis displayed crystal peaks
for CuFe2O4NPs and amorphous peaks CuFe2O4/PANI nano-composite due to the existence of
polyaniline layer. Contact time, adsorbent dose, solution pH, adsorption kinetics, adsorption isotherm
and recyclability were studied. The method at the optimum conditions exhibited high performance
with high mercury removal percentage of up to 99% with a maximum adsorption capacity 12.5 and
157.1 mg/g for CuFe2O4 and CuFe2O4/PANI, respectively. The adsorption processes were fitted to
Langmuir isotherms. The adsorption behavior of CuFe2O4@PANI composite towards Hg2+ ions is
attributed to the soft acid–soft base strong interaction between PANI and Hg(II) ions. High stability
and enhanced re-usability are offered using CuFe2O4@PANI composite due to its enhanced removal
efficiency. No significant removal decrease was noticed after five adsorption–desorption cycles.
In addition, it possesses an easy removal from aqueous solutions by external magnetic field after
adsorption experiments. These indicated the enhancement of polyaniline to the surface of CuFe2O4

toward the adsorption of mercury from aqueous solutions.

Keywords: CuFe2O4 nano-particles; CuFe2O4/PANI composite; mercury (II) removal; adsorption

1. Introduction

A clean water resource is a vital and necessary goal for the whole world. Toxic heavy metals
like Hg, Pb, Cd, and Ni are considered the most dangerous environmental pollutants in the water,
thus becoming of prior anxiety because of their toxicity and non-biodegradability to plants, animals
and human [1,2]. Mercury is one of these heavy metals that can cause serious environmental and health
problems as chronic and acute poisoning. It exists in different forms such as metallic Hg, Hg+, Hg2+,
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and organic mercury containing phenyl, methyl, and ethyl groups, etc. It causes different diseases
such as Alzheimer’s disease, amyotrophic lateral sclerosis, Parkinson’s disease, and damaging of the
immune system and kidneys. Mercury is considered as prior hazardous pollutant by the Agency for
Toxic Substances and Disease Registry [3]. One of its natural sources is the volcanoes that produce
almost half of the mercury emissions released in atmosphere. It is also produced from different
industrial sources such as pharmaceuticals, chloralkali, plastic, textile, paint, rubber, paper, cement,
electronic industry, coal combustion, fertilizers, oil refining, and rubber processing [4,5]. The other
half is generated by humans by various means including 65% in combustion, 11% in the production
of gold, 6.8% in the production of non-ferrous metal, 6.4% in the production of cement, 3.0% in the
waste disposal including municipal waste, and 3.0% in the production of caustic soda [6]. According to
the World Health Organization (WHO), 1 µg/L is the maximum permissible concentration of Hg(II)in
drinking water [7]. According to the European Union (EU), the maximum acceptable level of Hg(II) is
5 µg/L for wastewater discharge [8–10]. River and lake water in the nearby industries may contain
mercuric discharges which are fatal for aquatic as well as for human life. These discharges could
accumulate in the stomach and remain non digestible resulting in the formation of cancerous diseases.
Long-term exposure to mercury could cause serious damage to nerves, brain, kidney, lung irritation,
eye irritation, skin rashes, vomiting, and diarrhea [11].Researchers have been used a lot of techniques to
get rid of heavy metals in particularly mercury ion from waste water such as sorption and filtration [12],
ion exchange [13,14], chemical precipitation [6], adsorption [15–17], solid phase extraction [18], and
adsorption process using nano-materials [19–27]. The adsorption technique is the most effective and
commonly used due to its high removal efficiency and cheapness.

Recently, there is a focus on the application of nano-materials in the removal of different
environmental pollutants. This is based on their distinctive properties such as high surface area,
high adsorption, and special photoelectric property. However, they are suffering from difficulty of
their separation from aqueous solutions due to their small particle size which restricts the application
in water treatment. So, it is preferable using magnetic nano-materials that can be easily separated from
solution with external magnetic field [28–30].

Magnetic nano-materials possess adsorbent properties that qualify them for use as promising
adsorbent materials, which open up a wide field for engineering separation applications. These magnetic
nano-particles can be separated based on their nanostructures due to the easy direction of magnetization,
which will vary depending on the arrangement of the atoms in the magnetic structure [31–33]. Applying
a low density magnetic field stimulates the magnetization of the material and therefore makes the use of
magnetic force possible, but when the magnetic field is cut off, the magnetization immediately decreases
to zero. This last point is important for the release of particles after adsorption of the waste [34,35].
The main drawback of using magnetic nano-particles is the low potential pollutant removal ability.
To invade this defect, the surface of magnetic nano-particles has been modified. The surface properties
of nano-particles can be greatly enhanced after this modification. This is preferred through the Van der
Waals interaction between the modified material and the reduced solvent shielding of the ions in the
interlamellar environment.

Polyaniline (PANI) has attracted much attention because of its several unique properties [36–38].
It is highly stable in air and soluble in various solvents and exhibits dramatic changes in its electronic
structure and physical properties in the protonated state. It also shows magnetic behavior because of
its high spin density [39,40].

In the present work, modification of CuFe2O4 nano-particles (NPs) with polyaniline was used as
a novel adsorbent for mercury removal in aqueous solutions. The nano-particles were synthesized,
characterized, and used as an adsorbent for mercury removal under optimum conditions. The removal
efficiency of the prepared adsorbents was investigated, and their adsorption and desorption behaviors
towards mercury species were studied.
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2. Results and Discussion

2.1. Adsorbent Characterization

2.1.1. X-ray Diffraction Pattern

The phase identification of CuFe2O4 and CuFe2O4/PANI nano-composites was illustrated by
X-ray diffraction (XRD) as shown in Figure 1. All of the high intensity peaks are indexed and refined as
tetragonal structure with I41/amd space group, which is consistent with standard Joint Committee
on Powder Diffraction Standards (JCPDS) card no. 34-0425.The obtained XRD pattern exhibits good
crystallinity for CuFe2O4. The reflection plans (101), (112), (211), (220), (303), and (224) coincide with
the tetragonal spinel phase for CuFe2O4 with a characteristic peak appears at 2θ 35.5◦. The reflection
plans (010), (100), and (110) coincide with the amorphous phase of standard data for polyaniline. It is
apparent that the broad diffraction peak centered at 2θ value 25.3◦ (110) in Figure 1 is the characteristic
peak of the PANI layer. This can be ascribed to the periodicity parallel and perpendicular to the polymer
chains, respectively [41]. The characteristic peak of CuFe2O4 still appears at 35.5◦ and little shift for the
other peaks when doped with PANI. The average crystalline size of the prepared nano-composite was
calculated using Scherrer’s equation [42]:

d = 0.9 λ/β cos θ (1)

where d is the average crystalline size, λ is the wavelength of CuKα,β is the full width at half maximum
(FWHM) of most intense diffraction peak (211), and θ is the Bragg’s angle. The average particle size is
estimated to be 10.8 and 23.4 nm for CuFe2O4 and CuFe2O4/PANI nano-composites, respectively.
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Figure 1. Pattern of both CuFe2O4 and CuFe2O4/PANI nano-composites. 
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TEM images for CuFe2O4 nano-particles showed spherical shaped nano-particles with small 
agglomeration and nano sizes of 10.8 nm that coincides with the XRD result. The particles are dense 
and regularly distributed with clear boundary between neighboring particles as observed in Figure 
2a. TEM images of CuFe2O4/PANI nano-composite revealed the light shell nature of PANI in which 
dark core copper ferrite particles are embedded as shown in Figure 2b. 

Figure 1. Pattern of both CuFe2O4 and CuFe2O4/PANI nano-composites.

2.1.2. High Resolution Transmission Electron Microscopy (HRTEM)

TEM images for CuFe2O4 nano-particles showed spherical shaped nano-particles with small
agglomeration and nano sizes of 10.8 nm that coincides with the XRD result. The particles are dense
and regularly distributed with clear boundary between neighboring particles as observed in Figure 2a.
TEM images of CuFe2O4/PANI nano-composite revealed the light shell nature of PANI in which dark
core copper ferrite particles are embedded as shown in Figure 2b.
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Figure 2. Images of (A) CuFe2O4 and (B) CuFe2O4/PANI nano-composites.

2.1.3. Brunauer–Emmett–Teller (BET)

The N2 adsorption–desorption experiment at 77 K for CuFe2O4 and CuFe2O4/PANI
nano-composites are shown in Figure 3. The figure shows an adsorption isotherm of the type IV with
a hysteresis loop that is associated with capillary condensation within the mesoporous regions [43],
with a hysteresis loop type H3, which is usually indicative of aggregates of platelet particles or
adsorbents containing slit pores. The initial part of the isotherm (until p/po ≈ 0.4) can be attributed to
monolayer/multilayer adsorption because it follows the same path of desorption, which demonstrates
weak adsorbate–adsorbent interactions. The hysteresis loop begins at p/po = 0.4 and it ends at p/po = 0.95;
the hysteresis loop exhibits limited adsorption. This phenomenon is related to the presence of particles
that are not rigidly joined together. The BET surface area and pore volume of the nano-composite are
recorded in Table 1. The pore size of CuFe2O4 nano-particles was about 9.9 nm. It was regarded as a
mesoporous material of surface area 44.7 m2/g and pore volume of 0.11 cm3/g. For CuFe2O4/PANI
nano-composites, the BET surface area is lower, around 30.8 m2/g, due to the lower cumulative volume
of pores (0.06 cm3/g).
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Figure 3. N2 adsorption–desorption isotherms of coupled CuFe2O4 and CuFe2O4/PANI
(polyaniline) nano-composites.

Table 1. General surface characteristics of CuFe2O4 and CuFe2O4/PANI nano-composites obtained by
N2 adsorption at 77 K.

Sample Surface Area(m2/g) Average Pore Volume(cm3/g) Average Pore Diameter (nm)

CuFe2O4/PANI 30.8 0.06 17.8
CuFe2O4 NP 44.7 0.11 9.9
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2.1.4. Fourier Transforms–Infrared Spectroscopy (FTIR)

The FTIR spectra of CuFe2O4 and CuFe2O4/PANI nano-composites are shown as supplementary
material in Supplementary Materials Figure S1. CuFe2O4 spectrum has only a characteristic peak at
574.9 cm−1 of M–O bond while CuFe2O4/PANI spectrum has several characteristics peaks corresponding
to polyaniline. These include peaks at 3419.1 cm−1 assigned for N–H stretching, 1561.1 cm−1 assigned
to stretching vibration of C=C, 1469.7 cm−1 assigned to stretching vibration of C–C, 1298.7 cm−1 C–N
stretching vibrations, 1135.8 cm−1 for C–H bending mode and 777 cm−1 assigned to the wagging of
=C–H. Hence the obtained results confirm the presence of copper ferrite nano-particles doped PANI.

2.1.5. Thermal Analysis

Thermal-gravimetric analysis (TGA) of CuFe2O4/PANI is presented in Figure S2. It showed an
overall weight loss of 35% in the range of 25–800 ◦C. A weight loss before 100 ◦C is noticed in the TGA
curve due to residual water evaporation. Another weight loss is noticed within the ranging from 310
to 480 ◦C and 480 to 630 ◦C due to the thermal degradation of the lower and the higher weight PANI
chains, respectively.

2.2. Adsorption Study

Nano-composite particles consisting of CuFe2O4 and that doped with PANI were prepared and
tested as adsorbing substances to remove mercuric ions from aqueous solutions and some industrial
waste water.

2.2.1. Effect of Mercury Concentration

The removal efficiency of mercury ions using CuFe2O4NPs was 82% beginning from 10 up to
120 µg/mL. The adsorption performed at pH value 7 for 30 mL of the adsorbent solution stirred for
120 min. While CuFe2O4/PANI nano-composites exhibit higher removal efficiency of 99.5% when
varying the concentration of Hg2+ from 10 to 32 µg/mL. It begins to decrease to 92.3% upon increasing
the concentration of mercury up to 120 µg/mL (Figure 4).
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Figure 4. Effect of Hg2+ concentration on adsorption optimization using CuFe2O4 and CuFe2O4/PANI
nano-composites sorbents; Conditions: (V = 30 mL, contact time = 2 h for CuFe2O4 and 1 h for
CuFe2O4/PANI, adsorbent amount = 0.1 g CuFe2O4 and 0.2 g CuFe2O4/PANI and pH 7).

2.2.2. Effect of Contact Time

As shown in Figure 5, the concentration of Hg(II) ions was studied relative to the contact time
of each adsorbent. It was found that the time required to obtain more than 80% of Hg(II) removal
was 2 h for CuFe2O4. However, in case of CuFe2O4/PANI composite, the time required to achieve the
equilibrium was one hour with a removal percentage of 99.5%. To examine the adsorption mechanism,
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kinetics is the vital feature. Pseudo first order and second order models were fitted as the practical
kinetics data. The obtained results were presented in Table 2. The adsorption process for both CuFe2O4

and CuFe2O4/PANI composite obeyed the second order model.
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Figure 5. Effect of contact time on adsorption optimization using CuFe2O4 and CuFe2O4/PANI
nano-composites sorbents (V = 30 mL, Hg2+ concentration = 25 µg/mL, adsorbent amount = 0.1 g
CuFe2O4 and 0.2 g CuFe2O4/PANI and pH 7).

Table 2. Adsorption kinetics parameters.

Adsorbent
Pseudo-First Order Second Order

k1(min−1) qe1(mg/g) R2 k2(g/(mg. min)) qe2(mg/g) qe
exp R2

CuFe2O4 0.0056 1.571 0.942 5.3 × 10−3 5.8922 7.1086 0.991
CuFe2O4/PANI 0.0732 2.2134 0.953 0.1121 8.3356 8.4123 0.998

2.2.3. Effect of Adsorbent Amount

To optimize the amount of adsorbent NPs, different amounts from each adsorbent in the range of
0.05 to 0.3 g were put in contact with 30 mL of 25 µg/mL Hg2+ solutions of pH 7 and 60 min contact time.
As shown in Figure 6, it was observed that the maximum adsorption (i.e., 99.5% removal efficiency)
was attained after using 0.2 and 0.1 g for CuFe2O4NPs and CuFe2O4/PANI composite, respectively.
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Figure 6. Effect of CuFe2O4 and CuFe2O4/PANI nano-composite sorbents amount on adsorption
optimization (V = 30 mL, Hg2+ concentration = 25 µg/mL, contact time =2 h for CuFe2O4 and 1 h for
CuFe2O4/PANI and pH 7).

2.2.4. Effect of pH

The pH is an essential parameter for Hg2+ adsorption due to its relevance to Hg speciation, as
well as the interactions between Hg species and adsorbent surfaces. When the feed water pH was

250



Molecules 2020, 25, 2721

varied from 6.0 to 9.0, Hg2+ removal efficiency of CuFe2O4/polyaniline remained at ~99.5% (Figure 7A).
For CuFe2O4NPs the removal percentage of Hg(II) ions became constant until pH reaches 7. This can be
explained that at higher pH values, oxygen-containing groups (e.g., –OH) are ionized to –O–, forming
negative charges on the CuFe2O4 surface.
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Figure 7. (A) Effect of pH on adsorption optimization using CuFe2O4 and CuFe2O4/PANI nano-
composite sorbents (V= 30 mL, Hg2+ concentration= 25 µg/mL, adsorbent amount = 0.1 g CuFe2O4 and 
0.2 g CuFe2O4/PANI and contact time = 2 h for CuFe2O4 and 1 h for CuFe2O4/PANI). (B) Plots of the 
zeta potential as a function of pH for CuFe2O4/PANI and PANI. 

2.3. Adsorption Isotherms 

Langmuir (Equation (2), Freundlich (Equation (3), and Temkin (Equation (4) models were 
applied to calculate the sorption of Hg2+ ions for both CuFe2O4 and CuFe2O4/PANI nano-composite 
(Figures 8 and 9). 

1/Qt = 1/Xmb Ct + 1/Xm (2) 

Log Qt = (1/n) log Ct+ log kF (3) 

Qt = (RT/BT) ln Ct + (RT/BT) ln KT (4) 

Where: Qt is adsorption capacity at equilibrium (mg/g), Ct is equilibrium concentration of the 
Hg2+ solution (µg/mL), t (min) is contact time, Xm (mg/g) is maximum monolayer adsorption capacity 
and b (L/mg) is the adsorption equilibrium constant. Relative adsorption capacities and sorption 
intensities n and Kf (mg/g), and the constants of Freundlich model, were calculated. Temkin constants, 

Figure 7. (A) Effect of pH on adsorption optimization using CuFe2O4 and CuFe2O4/PANI
nano-composite sorbents (V= 30 mL, Hg2+ concentration= 25 µg/mL, adsorbent amount = 0.1 g
CuFe2O4 and 0.2 g CuFe2O4/PANI and contact time = 2 h for CuFe2O4 and 1 h for CuFe2O4/PANI).
(B) Plots of the zeta potential as a function of pH for CuFe2O4/PANI and PANI.

Based on zeta potential results (Figure 7B),the Point of Zero Charge for both PANI and
CuFe2O4/PANI composite, is around 4–6 and 6, respectively. CuFe2O4/PANI composite had net
negative charges at pH > 6.0 and positive charges at pH < 6.0. At low pH values (e.g., pH < 5.0 for
PANI-HCl), nitrogen atoms of imine groups were preferentially bound by protons, causing the PANI
surfaces carrying positive charges.

2.3. Adsorption Isotherms

Langmuir (Equation (2), Freundlich (Equation (3), and Temkin (Equation (4) models were
applied to calculate the sorption of Hg2+ ions for both CuFe2O4 and CuFe2O4/PANI nano-composite
(Figures 8 and 9).

1/Qt = 1/Xmb Ct + 1/Xm (2)

Log Qt = (1/n) log Ct + log kF (3)

Qt = (RT/BT) ln Ct + (RT/BT) ln KT (4)

where: Qt is adsorption capacity at equilibrium (mg/g), Ct is equilibrium concentration of the Hg2+

solution (µg/mL), t (min) is contact time, Xm (mg/g) is maximum monolayer adsorption capacity
and b (L/mg) is the adsorption equilibrium constant. Relative adsorption capacities and sorption
intensities n and Kf (mg/g), and the constants of Freundlich model, were calculated. Temkin constants,
BT (kJ/mol) and KT (L/mg) whose are constants of heat of sorption and maximum binding energy
were estimated. A 30 mL of different mercury concentrations ranging from 10 to 200 µg/mLwere
tested under the optimum conditions and the adsorption was expressed by three equilibrium models:
Langmuir, Freundlich, and Temkin to illustrate the adsorption capacity and adsorption behavior.
The theory of Langmuir assumes that the adsorption occurs by monolayer on the surface of the
adsorbent with the same adsorption sites (homogeneous surface), while Freundlich is an empirical
theory at which the adsorption occurs by multilayer on the surface of the adsorbent with different
adsorption sites (heterogeneous surface). Temkin assumed that there are indirect interactions between
adsorbate molecules and the heat of adsorption of all molecules decrease linearly with increasing
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surface coverage [44]. The results are summarized in Table 3 and confirm the reasonable adsorption
capacity of the used nano-composite material and follows Langmuir isotherm model.
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Table 3. Isotherm constants for the adsorption of mercury onto CuFe2O4 and CuFe2O4/PANI
nano-composites.

Model Parameters CuFe2O4 CuFe2O4/PANI Unit

Langmuir
Xm 12.5 157.1 mg/g
B 0.561 0.153 L/mg

R2 0.998 0.999

Freundlich
N 1.06 1.34 mg/g
Kf 2.75 5.24 mg/g
R2 0.997 0.995

Temkin
KT 0.34 0.744 L/mg
bT 0.371 0.162 K J/mol
R2 0.980 0.997

2.4. Competitive Adsorption of Different Heavy Metals

The adsorption of some metal ions such as Hg+, Hg2+, Fe2+, Cu2+, Cr6+, Pb2+, and Ag+ was
investigated. CuFe2O4NPs revealed an affinity order: Fe2+ > Hg2+ > Hg+ ~ Cr6+ > Ag+ >> Pb2+.
No remarkable adsorption for Cu2+ ions using CuFe2O4NPs. For CuFe2O4/PANI nano-composite,
the affinity order was: Hg2+ > Hg+ > Fe2+~ Cr6+ > Cu2+ > Pb2+. No remarkable adsorption for
Ag+ ions using CuFe2O4/PANI nano-composite. The removal percentage of the studied ions using
CuFe2O4NPs and CuFe2O4/PANI nano-composite is shown in Figure 10. From the mentioned results,
CuFe2O4/PANI nano-composite revealed an enhanced removal power towards inorganic mercury than
CuFe2O4NPs only.
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2.5. Regeneration

The adsorbent material was regenerated after each adsorption cycle of mercury by washing with
0.1 M acetic acid. After five cycles of regeneration, the efficiency of CuFe2O4 NPs for the removal of
Hg+ ions remains 82.0% however, there was a decrease in the removal efficiency of the CuFe2O4/PANI
sorbent reached to 85.3% as shown in Figure 11.
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2.6. Comparison with Other Sorbents for Mercury Removal

Water pollution becomes a critical issue around the world, and heavy metals contribute to major
pollution in water. The application of nano-materials for the removal of mercuric ions from water
has attracted significant attention. Table 4 summarizes some of reported sorbents used for mercury
removal included the present work. The prepared copper ferrite loaded by polyaniline provides higher
maximum adsorption capacity [12,17,18,20,26], short contact time [12,20,23,27], andhigher removal
percentage [12,18–21,24–27].

Table 4. Some materials used for the removal of mercuric ion.

Adsorbent Type
Maximum Adsorption

Capacity mg/g
Contact Time Removal % Ref.

Poly(vinylalcohol)/poly(vinylimidazole) complexing
membrane 120 125 min 99.4 [12]

Dithiocarbamate-incorporated mono size polystyrene 33.2 30 min NR [17]
Magnetic iron oxide nanoparticles modified with

2-mercaptobenzothiazole 0.59 4 min 98.6 [18]

Thiolated multi-walled carbon nanotubes 204.64 40 min 98 [19]
Amidoamine functionalized multi-walled carbon nanotubes

(MWCNT-AA) 101.35 180 min 80 [20]

Mercaptopropyl-coated cobalt ferrite (CoFe2O4) magnetic
nanoparticles NR 30 min 97 [21]

Poly(aniline-co-5-sulfo-2-anisidine) nanoparticles 2063 48 h 99.8 [23]
Gold Nanoparticle−Aluminum Oxide 676 30 min >97 [24]

Mercaptoamine-functionalised silica-coated magnetic
nanoparticles (MAF-SCMNPs) 355 120 min NR [25]

Polyaniline Nanotubes 0.8239 60 min 90 [26]
Iron oxide nanoparticles NR 24 h 87 [27]

CuFe2O4
CuFe2O4/PAN

12.5
157.1

120 min
60 min

82
99.5

This
work

2.7. Mechanism of Adsorption

The adsorption mechanism of Hg2+ ions using CuFe2O4 and CuFe2O4/PANI composite is shown
in Figure 12. The adsorption mechanism can be explained in two ways. Physical adsorption can
be occurred on the surface of PANI layer or in the porosity of the adsorbent or chemical adsorption
through the interaction between the PANI base layers with mercuric ions. In addition, at the working
pH value, oxygen-containing groups (e.g., –OH) in CuFe2O4 can be ionized to –O−, forming negative
charges on the CuFe2O4 surface and enhance the favorable adsorption of Hg2+ ions.
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3. Materials and Methods

3.1. Materials

For the experimental purpose, all chemicals used were of analytical reagent grade, 98–99%.
Metal nitrates, chloride, and sulfate were of the highest purity and supplied by Sigma-Aldrich
(St. Louis, MO, USA). Polyethylene glycol 6000 (PEG), potassium hydroxide, and ammonium
peroxydisulfate were purchased from Fluka (Ronkonoma, NY, USA). Aniline was purchased from
Central Drug House Ltd. (New Delhi, India) and distilled prior to use. All the chemicals were used as
received without any further purification.

3.2. Apparatus

High-resolution transmission electron microscopy (HRTEM) images were taken by JEOL-JEM-2100
electron microscope instrument (Osaka, Japan). The prepared adsorbents were characterized by X-ray
diffraction (XRD) which were carried out by BRUKER D2 PHASER 2nd generation X-ray diffractometer
(Berline, Germany) using CuKα,β radiation (λ= 0.154 nm) in the angular region of 2θ= 4–80◦. Operation
conditions were 40KV, 40 mA and scanning speed of 8◦/min. The Brunauer–Emmett–Teller (BET)
surface area measurements were carried out by N2 adsorption–desorption at 77 K using Nova 3200 s
(Florida, FL, USA) unite instrument, in the relative pressure (p/po) at 0.25104. Fourier Transform Infrared
(ATR-FTIR) was used to obtain the spectra in a spectral range of 4000–500 cm−1. Inductively coupled
argon plasma (ICAP 6500 Duo, Thermo Scientific, Abingdon, UK) as used for mercury ion evaluation.

3.3. Preparation of CuFe2O4Nano-Particles

The synthesis of the nano-particles was done by using the co-precipitation technique [45].
Briefly 11.7 mmol CuSO4 and 14.98 mmol FeCl3 were dissolved in 200 mL 1 wt.% PEG solution.
The solution was kept under stirring for about one hour to insure the equilibrium between all the
components. To the above mixture, 4M KOH was added drop-wise with vigorous stirring until
reaching a pH 9. The mixture was kept under magnetic stirring for another two hours then aged
overnight. The precipitate was filtered, washed with distilled water until it was free from Cl− and
SO4

2− ions and dried at 70 ◦C for two h. The precipitated was then calcined at 600 ◦C in air for 3 h and
then ground using agate motor to obtain a fine powder.

3.4. Preparation of CuFe2O4/PANI Nano-Composite

The polyaniline copper ferrite nano-composite was prepared using chemical polymerization
method by dispersing 2 g of the previously prepared CuFe2O4 nano-particles in 200 mL of 2M HCl and
stirred vigorously at room temperature for 10 min. A 4.5 mL aliquot of distilled aniline monomer was
added under continuous stirring for 30 min. To the above suspension, 20 mL of 19.7 mmol (NH4)2S2O8

solution was added drop-wisely, as a polymerization initiator. An immediate color change of the
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solution to blue green was observed. The suspension was stirred to complete the polymerization
process for about 1 h. The copper ferrite doped PANI was separated on a filter paper, rinsed with
distilled water, and finally dried at 100◦C in an electrical oven. The produced powder has a green color
which represents emeraldine salt of polyaniline.

3.5. Removal of Mercury from Waste Water

A range of mercury (II) ion (10–120 µg/mL) was prepared. For the adsorption studies different
amounts of either CuFe2O4 or CuFe2O4/PANI nano-composite (ranged from 0.05 to 0.3 g) were added
to 30 mL of the prepared solution at room temperature and pH 7. These solutions were stirred for a
contact time varied from 15 min to 2 h. After adsorption, the solutions were filtered and the adsorbent
material was separated. The concentration of Hg2+ ion was evaluated before and after the removal of
mercury by inductively coupled argon plasma.

The removal percentage of mercury was calculated using the following equation:

Removal% = ((C0 − Ct))/C0× 100 (5)

where, C0 and Ct are the mercury concentration in µg/mL at initial and after time t, respectively.

4. Conclusions

CuFe2O4/PANI nano-composite was successfully prepared and its adsorption properties towards
Hg2+ ions removal were checked. An X-ray diffractometer, TEM, and BET were used to characterize
the prepared nano-composites. The crystallite size of the synthesized CuFe2O4 and CuFe2O4/PANI
nano-composite was 10.2 and 23.4 nm, respectively. Under the optimum conditions, CuFe2O4/PANI
offer higher removal efficiency than CuFe2O4 for Hg+/Hg+2 ions which were 95.3 and 99.5%, respectively.
Both adsorbents followed the second order model and Langmuir model with adsorption capacity
of 12.5 and 157.1 mg/g for CuFe2O4 and CuFe2O4/PANI composite, respectively. After five cycles of
regeneration, the efficiency of CuFe2O4NPs for the removal of Hg+ ions remains 82.0% however, there
was a decrease in the removal efficiency of the CuFe2O4/PANI sorbent reached to 85.3%with lower
efficiency and good performance when used again after five cycles. These materials were successfully
applied for the removal of Hg2+ ions with a high efficiency over other studied heavy metals.

Supplementary Materials: The following are available online, Figure S1: FTIR spectra of (A) CuFe2O4 and (B)
CuFe2O4/PANI nanocomposites; Figure S2: Thermal-gravimetric analysis (TGA) of CuFe2O4/PANI.
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Abstract: A facile eco-friendly approach for acetampirid pesticide removal is presented. The method is
based on the use of micro- and mesoporous activated carbon (TPAC) as a natural adsorbent. TPAC was
synthesized via chemical treatment of tangerine peels with phosphoric acid. The prepared activated
carbon was characterized before and after the adsorption process using Fourier- transform infrared
(FTIR), X-ray diffraction (XRD), particle size and surface area. The effects of various parameters
on the adsorption of acetampirid including adsorbent dose (0.02–0.2 g), pH 2–8, initial adsorbate
concentration (10–100 mg/L), contact time (10–300 min) and temperature (25–50 ◦C) were studied.
Batch adsorption features were evaluated using Langmuir and Freundlich isotherms. The adsorption
process followed the Langmuir isotherm model with a maximum adsorption capacity of 35.7 mg/g
and an equilibration time within 240 min. The adsorption kinetics of acetamiprid was fitted to the
pseudo-second-order kinetics model. From the thermodynamics perspective, the adsorption was
found to be exothermic and spontaneous in nature. TPAC was successfully regenerated and reused
for three consecutive cycles. The results of the presented study show that TPAC may be used as an
effective eco-friendly, low cost and highly efficient adsorbent for the removal of acetamiprid pesticides
from aqueous solutions.

Keywords: green-removal; tangerine peels activated carbon; agriculture waste; acetamiprid pesticide

1. Introduction

Pesticides are carcinogens in nature, and because of their toxicity, they pollute both land and water
environments. Pesticide detection in groundwater has increased interest in finding suitable techniques
used for their removal from aqueous solution to minimize their concentrations to the permissible
level [1].

Acetamiprid (Figure 1) belongs to a new neonicotinoid class of systemic broad-spectrum
insecticides. Due to the relatively low and chronic mammalian toxicity, and no long-term cumulative
toxicity, it has been used to take the place of organophosphorus and other conventional insecticides for
controlling the insects such as Hemiptera, Thysanoptera and Lepidoptera in agricultural products [2].
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It is also used to protect crops, especially vegetables, fruits from different insect pests, such as aphids
and thrips.

Figure 1. Chemical structure of acetamiprid.

Acetamiprid is widely used due to its high water-solubility, low toxicity for humans and high
activity against insects [3]. It is susceptible to be found in water according to the United States
Environmental Protection Agency (EPA) due to its high solubility [4]. It contaminates various matrices
(water, soil, plants and aquatic species) [5]. In addition, it revealed potential health risk to human
beings who are exposed to the primary route of food and water polluted by acetamiprid. However,
scientific literature regarding the removal of acetamiprid by means of non-conventional treatment
technologies is still incomplete [6].

There are many different methods used for the removal of pesticides from aqueous solutions
such as oxidation, photocatalysis, electrochemical and adsorption [7]. The biosorption process is a
physicochemical and alternative phenomenon and has many benefits such as abundant in nature,
cheap, simplicity, efficient and recycling [6,7]. The mechanism of adsorption involved adsorption via
ion exchange, chelation and complexation. It depends on different factors such as the chemical nature
of the pollutants, type of the biosorbents, temperature, pH and ionic strength [8].

Different methods were reported for acetamiprid removal from aqueous solutions such as advanced
oxidation processes (AOPs) Fenton-based treatments [9,10], heterogeneous photocatalysis [11,12],
static sorption based on different clays [13] and other related technologies like the innovative low
temperature plasma [14] have been published in the last few years. All of these methods demonstrated
their potential towards the efficient removal of acetamiprid from different water matrices.

Activated carbon is considered as an effective adsorbent for removing organic contaminants
from aqueous media because of its large specific surface area, excellent stability, environment-friendly,
favorable physical/chemical surface characteristics, easy preparation, management and high removal
efficiency [15,16]. Activated carbon has been considered to be a promising and effective sorbent for
removing of toxic metals [17] and pesticides such as oxamyl [18,19], butachlor [20], diazinon [21] and
carbofuran [22] from aqueous solution. However, limited works have been found for the removal of
acetamiprid insecticide by agricultural waste [23].

The adsorption efficiency of carbon materials can be enhanced through chemical activation using
phosphoric acid. The use of this acid can increase the carbon content to (35%–50%) in the adsorbent.
In addition, it is easy to be recovered and has less environmental impacts from its use. The role of the
phosphoric acid in converting the precursor to the activated carbon is promoting the decomposition of
the precursor and forming the cross-linked structure at low temperatures that make pores more open
and then enlarging the surface area [17].

In the present study, porous activated carbon from tangerine peel waste was introduced as an
effective biosorbent for acetamiprid pesticide removal from aqueous media. Phosphoric acid was
used for the chemical activation of these agriculture wastes. The prepared activated carbon was
characterized by FTIR, surface area, XRD and particle size. Different parameters were used in this study
through batch adsorption such as different mass, pH, initial concentration of acetamiprid pesticide and
contact time. The removal capacity was studied by fitting the adsorption data for isotherm, kinetics
and thermodynamics.
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2. Results and Discussion

2.1. Characterization of TPAC

2.1.1. FTIR Analysis

The FT-IR spectrum of acetamiprid is shown in Figure 2a. Stretching vibrations of both –CN
and C=N groups were observed at 2175 and 1567 cm−1, respectively. Sharp stretching vibrations
of C–H bond were observed at 2600–3000 cm−1. Olefinic =CH- groups in the pyridine group were
observed at 1495 cm−1 and 1463 cm−1, respectively [24]. Stretching C–Cl bond is located at 1099 cm−1.
Typical stretching vibrations for N–H and C–N bonds are located at 3300–3487 cm−1 and 1341 cm−1,
respectively. The FTIR spectra of the TPAC before and after adsorption of acetamiprid were shown in
Figure 2b,c. The data showed a broad band at 3423 cm−1 which is assigned to stretching vibration
of O–H bond. The assigned C–H peak of acetamiprid appeared as a broad weak peak at 3028 cm−1.
The C=N and olefinic =CH- groups in acetamiprid appeared at 1567 and 1495 cm−1 are now located in
Figure 2c at 1535 and 1506 cm−1, respectively. The stretching C–Cl bond which is located at 1099 cm−1 is
now appeared as weak peak at 1078 cm−1. The band at 1691 cm−1 is due to the amide group. Stretching
vibration of C=O bond in the carboxylic group is observed at 1742 cm−1. The difference in spectra of
TPAC before and after adsorption of acetamiprid is attributed to the interaction between the hydroxyl,
amine and carboxylic groups of TPAC and the acetamiprid pesticide.

Figure 2. Cont.
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Figure 2. Fourier- transform infrared (FT-IR) of micro and mesoporous activated carbon (TPAC) (a)
acetamiprid (b) before, (c) after the adsorption of acetamiprid.

2.1.2. Specific Surface Area and Particle Size

The N2 adsorption/desorption isotherms and pore size distribution curves were evaluated to
characterize the behavior of the prepared TPAC before and after adsorption of acetamiprid (Figure 3).
The obtained adsorption isotherm of TPAC sample can be deemed as a combination of type I and IV
isotherm curves. As shown in Figure 3a, the Type I isotherm is concave to the P/P0 axis and the amount
adsorbed approaches a limiting value. This limiting uptake is governed by the accessible micropore
volume rather than by the internal surface area. A steep uptake at very low P/P0 is due to enhanced
adsorbent–adsorptive interactions in narrow micropores (micropores of molecular dimensions),
resulting in micropore filling at very low P/P0. Type IV isotherms are given by mesoporous adsorbents.
The adsorption behavior in mesopores is determined by the adsorbent–adsorptive interactions and
also by the interactions between the molecules in the condensed state. In this case, the initial
monolayer–multilayer adsorption on the mesopore walls [25]. According to t-plot method, the textural
features of TPAC before and after acetamiprid adsorption were presented in Table 1. From the date
obtained, the structure of TPAC was a combination of meso- and micropores with a larger proportion of
mesoporous [26]. It is observed that the total surface area and the total pore volume of TPAC after the
adsorption of the pesticide decreased from 687.8 to 296.4 m2/g and from 0.64 to 0.38 cc/g, respectively.
This indicates that the free pores are congested by the pesticide molecules and indicates the existence
of both micro- and meso-porous in the TPAC structure.

Figure 3. Cont.
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Figure 3. (a) Nitrogen adsorption–desorption isotherms and the corresponding pore size distribution
curve of the prepared TPAC; (b) nitrogen adsorption–desorption isotherms and the corresponding pore
size distribution curve of the prepared TPAC after adsorption of acetamiprid.

Table 1. Textural features and elemental analysis of TPAC before (A) and after (B)
acetamiprid adsorption.

Samples
Mesopore
Size, nm

Micropore
Size, nm

Mesopore
Volume, cc/g

Micropore
Volume, cc/g

Total Pore
Volume, cc/g

Mesopore
Area, m2/g

Micropore
Area, m2/g

Total
Surface

Area, m2/g

TPAC (A) 3.6 1.61 0.47 0.17 0.64 385.9 301.9 687.8

TPAC (B) 3.7 1.6 0.35 0.03 0.38 196.4 99.9 296.4

Dynamic light scattering (DLS) is used to determine the particle size distribution of the prepared
TPAC as shown in Figure 4. The data showed that about 62.4% of the particles have sizes between 80
and 205 nm with a mean size of 142.5 nm. It is also showed that about 25% of the particles have sizes
lower than or equal to 100 nm; 4.2% of the particles have sizes between 295 and 1055 nm, and less than
0.5% have sizes greater than 1000 nm.

Figure 4. The Particle size of TPAC.

2.1.3. XRD Analysis

The crystal structure and the phase purity of the prepared TPAC were examined by XRD analysis.
The XRD pattern for TPAC is shown in Figure 5. It exhibited one broad diffraction peak at 2θ = 25.18
(d002) and a small peak at 45.85 (d100) which are attributed to the presence of graphite crystallite in
TPAC. The diffraction patterns agree well with the standard JCPDS for the graphite phase with the
hexagonal structure (JCPDS no. 7440-44-0).
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Figure 5. X-ray diffraction (XRD) of TPAC.

2.2. Effect of Different Factors on the Adsorption Process

The effect of different parameters on the removal of acetamiprid pesticide by TPAC such as
adsorbent dose, pH and initial concentrations of acetamiprid and contact time was investigated.
Adsorbent dosage is an important parameter in the adsorption process because it determines
the sorbent–sorbate equilibrium of the system and the capacity of the adsorbent for a given
concentration [27]. The effect of adsorbent dose on the removal of acetamiprid pesticide by TPAC was
studied at different adsorbent doses varying from 0.02–0.2 g/100 mL as shown in Figure 6a. As the
adsorbent dose of TPAC increases, the percentage removal of acetamiprid increased from 27.8% to
92.5%. This can be attributed to the increase in the number of active sites [28]. At higher adsorbent
dosage, there is incomplete usage of the adsorption sites due to the formation of aggregates. In contrast
to the percentage removal, the adsorption capacity of acetamiprid by TPAC was declined in the range
of 34.7–11.5 mg/g with increasing adsorbent dose. It was noted that after an adsorbent dosage of
0.1 g, the adsorption efficiency did not show remarkable increase that indicates the saturation of the
adsorption sites. An adsorbent dose of 0.1 g seems to be optimum for the removal of acetamiprid
experiments by TPAC.

Figure 6. Cont.
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Figure 6. Effect of (A) adsorbent dose (initial concentration 25 mg/L, stirring 200 rpm and contact
time 5 h); (B) pH (initial concentration 25 ppm, mass 0.1 g and contact time 5 h); (C) zeta potential of
TPAC; (D) initial concentration of acetamiprid (mass 0.1 g and contact time 5 h); and (E) contact time
(mass 0.1 g, stirring 200 rpm and initial concentration 25 ppm) on the removal of acetamiprid by TPAC.

The effect of pH on the removal of acetamiprid pesticide by TPAC was studied at the pH range
from 2–8 at initial concentration of 25 µg/mL and adsorbent dose 0.1 g. The effect of pH on the removal
of acetamiprid onto TPAC from aqueous solution at different pH values (2–8) and zeta potential of
TPAC are shown in Figure 6b,c. The removal percentage of acetamiprid reaches its maximum value
(86.99%) at pH 5.0. At pH > 5, the percentage removal decreases and reaches 83.2% at pH 8. These
results indicated that pH 5 is suitable for the maximum removal of acetamiprid than the higher pH
values. Figure 6c illustrates that PZC for TPAC was found to be 6.0 and its surface carries a negative
charge at pH 5. Hence, pH 5 was chosen for all subsequent removal steps of positively charged
acetamiprid molecules. The maximum sorption is attributed to the strong van der Waals attraction
between the surface groups and pesticide molecules [29].

The effect of the initial concentration of acetamiprid was carried out by increasing acetamiprid
concentration from 10–100 µg/mL. As shown in Figure 6D, the adsorption capacity increased from
9.94 to 36.31 mg/g and the removal efficiency decreased from 99.37% to 40.275% upon changing the
initial concentration of the pesticide from 10 to 100 mg/L. These results showed that the adsorption
of acetamiprid pesticide by TPAC depends on the initial concentration. Similar trends have been
reported by the previous studies using activated carbon from pumpkin seed hulls for the removal of
2,4-dichlorophenoxyacetic acid [30,31].
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Contact time is an important parameter for the removal of acetamiprid by TPAC. As shown in
Figure 6E, the adsorption process of acetamiprid by TPAC was rapid in the first 10 min with percentage
removal of 70.1% and reaches its maximum value (91%) after 240 min. The adsorption of acetamiprid
attained equilibrium at 240 min due to the fully occupied of the available adsorption sites on the
surface of the adsorbent. Further increase in the contact time did not affect the adsorption.

2.3. Adsorption Kinetic Modeling

The kinetics of acetamiprid adsorption by TPAC was studied by two common models,
pseudo-first-order [32] and pseudo-second-order models [33].

The pseudo-first-order is given by Equation (1).

Log (qe−qt) = log qe − (k1/2.303) t (1)

The pseudo-second-order is given by Equation (2):

t/qt = 1/k2qe2 + (1/qe)t (2)

where qe and qt are the amount of acetamiprid adsorbed by TPAC at equilibrium and at time t,
respectively. The adsorption rate constants of pseudo-first and pseudo-second-order were represented
as k1 and k2, respectively. The kinetic parameters are given in Table 2. As can be seen from Figure 7,
the pseudo-second-order kinetic model adsorption capacity calculated is 23.364 mg/g. The low value
of R2 for the pseudo-first-order kinetic model could be an indication that the rate of the adsorption
of acetamiprid by TPAC depends on both concentration and time [34]. The results showed that (R2)
values of the pseudo-second-order kinetic model were closer to unity, indicating that the adsorption of
acetamiprid by TPAC followed the pseudo-second-order kinetic model. Similar trend was observed
for the adsorption of bentazon on activated carbon prepared from Lowosoniainerm wood [35].

Table 2. Kinetic parameters and correlation coefficients for the removal of acetamiprid by TPAC.

Kinetic Model Parameter Values

Pseudo-first-order k1(1/min) 0.01 ± 0.02
qe (mg/g) 7.3 ± 0.01

R2 0.884
Pseudo-second-order k2 (g/mg.min) 0.005 ± 0.001

qe (mg/g) 23.3 ± 0.717
R2 0.998

Figure 7. Pseudo-second-order kinetic model for adsorption of acetamiprid by TPAC.
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2.4. Adsorption Isotherms Modeling

The adsorption isotherms are important to describe the interaction between adsorbate and
adsorbent. In this study, different isotherm models were used to study the adsorption of acetamiprid
pesticide onto TPAC. The most commonly applied isotherms such as Langmuir [36] and Freundlich [37]
isotherm models were tested. The linear form of Langmuir isotherm is given by Equation (3).

1/Qt = (1/Xm b) Ct + 1/Xm (3)

where Qt is the adsorption capacity at equilibrium (mg/g); Ct is the equilibrium concentration of
the acetamiprid solution (mg/L); t (min) is the contact time; Xm (mg/g) is the maximum monolayer
adsorption capacity and b (L/mg) is the adsorption equilibrium constant.

The Langmuir isotherm model assumes that monolayer adsorption occurs on homogeneous
surfaces containing a finite number of adsorption sites and no lateral interactions between the adsorbed
molecules exist [38]. The dimensionless constant (RL) is a very important parameter from Langmuir
isotherm which suggests that the removal of acetamiprid onto TPAC is favorable or not and can be
determined by the following equation:

RL = 1/(1 + bC0) (4)

where C0 is the initial acetamiprid level (mg/L) and b is the Langmuir isotherm constant. RL value
describes the adsorption mechanisms, which is unfavorable (RL > 1), linear (RL = 1), favorable
(0 < RL > 1) or irreversible (RL = 0). The value of RL in the present investigation was found to be 0.09
indicating that the adsorption of acetamiprid onto TPAC is favorable.

The Freundlich isotherm model assumes that multilayer adsorption occurs on heterogeneous
surfaces of the adsorbent [39]. In addition, assuming the stronger binding sites were occupied first,
and the strength of the binding decreased with the increasing of the occupation of sites. The linear
form of Freundlich isotherm is given by:

log qe= log K f + 1/n log Ce (5)

where Kf is an indicator of the adsorption capacity of TPAC (i.e., the greater the value of Kf the
greater adsorption capacity). The value of 1/n is the heterogeneity factor of site energies and reflected
the intensities of adsorption [40]. These suggested that the ability for adsorption of acetamiprid
pesticide by TPAC was strong. In this study, different isotherms have been used to explain the
adsorption mechanism. The isotherm parameters are presented in Table 3. The different isotherm
plots for the adsorption of acetamiprid onto TPAC are shown in Figure 8A,B. The best fit of these
isotherm models was selected according to the value of the correlation coefficients (R2). It was found
that the Langmuir isotherm model is the best fit for the adsorption of acetamiprid, which indicated
that the acetamiprid pesticide is adsorbed by TPAC as a monolayer with the homogeneous surface.
The maximum adsorption capacity was found to be 35.71 mg/g.

Table 3. Parameters of isotherm models for the removal of acetamiprid by TPAC.

Isotherm Model Parameter Values

Freundlich Kf 4.8 ± 0.03
R2 0.919
1/n 0.02 ± 0.001

Langmuir B (L/mg) 1.01 ± 0.02
qm (mg/g) 35.7 ± 0.05

R2 0.997
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Figure 8. Adsorption isotherm models (A) Langmuir and (B) Freundlich.

The energy of adsorption was less than 8 KJ/mol indicating that the adsorption of acetamiprid
onto TPAC is physical adsorption (Van der Waals forces). Similar trends have been reported by [18],
they studied the adsorption of oxamyl pesticide onto Egyptian apricot stones.

2.5. Thermodynamics

Thermodynamic is essential to find out whether the process is spontaneous or not.
The thermodynamic parameters such as enthalpy changes (∆H◦), entropy changes (∆S◦), (KD) binding
affinity and Gibbs free energy changes (∆G◦) were used to evaluate the influence of temperature
on adsorption process and determine the nature and spontaneity of the adsorption of acetamiprid
pesticide onto TPAC were calculated by the following equations:

∆G◦ = −RT ln KD (6)

ln KD = −∆H◦/RT + ∆G◦/R (7)

The values of thermodynamic parameters are in Table 4. The negative value of ∆H◦ confirmed the
exothermic nature of the adsorption process. The value of ∆H◦ was found to be in the range between 8
and 40 KJ/mol which suggests the physico-sorption process [41]. The negative values of ∆G◦ were
−71.7, −72.8 and −74.5 KJ/mol, respectively at all temperatures and indicate that the adsorption of
acetamiprid by TPAC is spontaneous.

Table 4. Thermodynamic parameters for the adsorption of acetamiprid pesticide onto TPAC.

Temperature (K) ∆G◦ (KJ/mol) ∆H◦ (KJ/mol) ∆S◦ (KJmol−1 K−1)

298 −71.7
−37.8 −113.5308 −72.8

323 −74.5

2.6. Comparison of Acetamiprid Adsorption Capacity with Other Adsorbents

The adsorption capacity of acetamiprid pesticide on TPAC was compared with different adsorbents
reported in the previous studies. According to Table 5, the adsorption capacity in the present work
of acetamiprid pesticide on tangerine peels-derived activated carbon was higher in comparison with
some studies [13] while lower in comparison with other studies [23]. The reason for this variation is
due to the adsorbent dose and the initial concentration used. The adsorption capacities varied from
different adsorbents according to different parameters such as, source of the activated carbon, surface
characterization, pH, particle size and functional groups.
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Table 5. Comparison of acetamiprid removal by different adsorbents.

Adsorbent Type
Maximum

Adsorption
Capacity (mg/g)

Initial
Concentration

(mg/L)

Contact
Time
(min)

Optimum
pH

Isotherm
Fitted

Adsorbent
Dose (g)

%
Removal

Ref.

Bentonite 9.1 100 30 7.0 Langmuir 1 – [13]
Bentonite and clay 7.8 100 30 7.0 Langmuir 1 – [13]

Kaolin 7.7 100 30 7.0 Langmuir 1 – [13]
Orange peels

activated carbon 151.5 300 120 5.6 Freundlich 1 99.4 [23]

Almond shells
activated carbon 370.3 300 120 5.6 Freundlich 0.5 99.4 [23]

Tangerine peels
activated carbon 35.7 25 240 5.6 Langmuir 0.1 92.0 This

Study

2.7. Reusability of the Activated Carbon

Reusability or recycling is very important benefits of the adsorbent for the removal of different
contaminants due to the lower cost. Figure 9. shows the performance of TPAC after four cycles of
adsorption–desorption. The percentage removal of acetamiprid by TPAC was the same during each
cycle. We measured 80.05% during the first cycle, 80.05% during the second cycle; 80.05% during the
third cycle and 80.05% during the fourth cycle. These results indicated that the TPAC has been reused
for four cycles at a commercial scale level in order to lower the cost of the adsorbing materials and
reduce the need for new adsorbents.

Figure 9. Reusability of TPAC.

3. Materials and Methods

3.1. Apparatus

The concentrations of acetamiprid in solution before and after the adsorption process was quantized
using a reversed-phase high performance liquid chromatography (HPLC) (Agilent 1200, WA, USA)
coupled with a variable wavelength diode array detector (DAD), C18 column (5 µm particles, 250 mm
× 4.6 mm i.d.) and an auto-sampler with an electric sample valve. The mobile-phase solvent was 70%
Milli-Q ultrapure water and 30% acetonitrile at a constant flow rate of 1.0 mL/min. The wavelength of
measuring acetamiprid was 246 nm. The surface functional groups of TPAC before and after adsorption
of acetamiprid pesticide were determined by Fourier Transform infrared spectrometer (PerkinElmer
1720). The textural characteristics of TPAC including surface area, pore volume and pore diameter
were determined by BELSORP-mini II instrument. The X-ray diffraction of the prepared activated
carbon was performed with a XPERT PRO (Almelo, The Netherlands) diffractometer in the range of
2θ (4–80◦). Zeta plus Zeta potential analyzer (Nanozs, Malvern Company, Malvern, UK) determined
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the particle size of the prepared activated carbon. Prior to the analysis, all samples were degassed at
around 200 ◦C under vacuum overnight to clean their surface.

3.2. Chemicals

All chemicals used in this work were of analytical reagent grade. Acetamiprid (97% purity),
acetonitrile (HPLC grade) and orthophosphoric acid (85%) were obtained from Sigma-Aldrich (St. Lois,
MO, USA). Deionized water was obtained from a Millipore Milli-Q Academic Ultra-Pure Water
Purification System.

3.3. Preparation of Activated Carbon

All tangerine peel samples were collected from the local fruit markets in Egypt. The peels were
washed with distilled water and dried in an oven at 80 ◦C for 48 h. Chemical activation was carried out
by impregnation of the tangerine peels with 1:1-(w/w) H3PO4 for 24 h then dried at 100 ◦C for further
24 h. Pyrolysis was carried out in a muffle furnace at 500 ◦C in the absence of air for 2 h. The produced
activated carbon after pyrolysis was washed with deionized water and dried in an oven at 80 ◦C for
24 h. The yield of the produced activated carbon was 48.4% and calculated by:

Yield,b% = (emphDry weight of the activated carbon/Dry weight of the precursor) × 100 (8)

3.4. Acetamiprid Uptake Study

A 100 mg of TPAC adsorbent was inserted into 100-mL aliquots of acetamiprid solutions
(10–100 µg/mL). The solutions were stirred for 240 min at room temperature and filtered. Acetamiprid
concentrations, before and after the treatment, were measured using HPLC measurements. The removal
percentage of acetamiprid was calculated using the following equation:

Removal% = [(C0 − Ct)/C0] ×100 (9)

where: C0 and Ct are the acetamiprid concentration in µg/mL at initial and after time t, respectively.

3.5. Batch Adsorption Experiments

Aliquots (100 mL) of 25-µg/mL acetamiprid solution were treated with different adsorbent doses
(0.02–0.2 gm), under different pH values (2–8) for varying contact times (10–300 min). The acetamiprid
solutions were stirred, filtered and the concentration was measured using HPLC measurements.

3.6. Adsorption Isotherms and Kinetics

Adsorption equilibrium was performed using the different initial concentrations of acetamiprid
(10–100 µg/mL) in presence of 0.1 g of TPAC under constant stirring at 200 rpm. The equilibrium was
analyzed using different isotherm models such as Langmuir, Freundlich and Dubinin–Radushkevich
(D-R) adsorption isotherm models. The adsorption capacity of acetamiprid by TPAC was calculated
from the following equation:

qe =
(C0 −Ce) V

m
(10)

The adsorption kinetics data were evaluated with 0.1 g of TPAC at initial concentration of
acetamiprid of 25 µg/mL and the samples were taken after time varied from 10 to 300 min.

3.7. Adsorption Thermodynamics

Adsorption of acetamiprid was investigated at different temperatures in the range 25–50 ◦C using
initial concentration 25 µg/mL and 0.1 g of TPAC. Prior to the analysis, the samples were centrifuged
at 4000 rpm for 5 minutes and filtered using 0.45-µm Millipore filter. Then the concentration of
acetamiprid was determined by HPLC method.
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3.8. Reusability

The reusability TPAC was tested by performing five alternating adsorption–desorption cycles.
Each adsorption cycle was performed as mentioned previously then the adsorbent was filtered, washed
and dried. The collected adsorbent was then dispersed into 20 mL of 0.5-M HCl and shaken at
180 rpm for 10 minutes to regenerate the adsorbent. Prior to the next cycle, the regenerated adsorbent
was washed repeatedly with ultrapure water until the effluent was neutral (pH 7). The regenerated
TPAC was used for sequential adsorption–desorption cycles and the acetamiprid adsorption efficiency
was obtained.

4. Conclusions

Tangerine peels-derived activated carbon (TPAC) was synthesized and characterized by FTIR,
surface area, XRD and particle size analysis. TPAC was applied to the removal of acetamiprid pesticide
from aqueous solution. The adsorption of acetamiprid was influenced by adsorbent dose, pH, initial
concentration, contact time and temperature. The adsorption isotherm was well fitted by Langmuir
with a maximum adsorption capacity of 35.71 mg/g. The adsorption process was found to be rapid
in the first 20 min and attained equilibrium at 240 min. The pseudo-second-order kinetic model
describes the adsorption of acetamiprid by TPAC better than the pseudo-first-order kinetic model.
The thermodynamics indicates that the adsorption of acetamiprid onto TPAC was exothermic and
spontaneous in nature. Furthermore, the potential of regenerating of the tangerine peels activated
carbon was investigated and successfully regenerated and reused for three cycles. It is concluded that
the tangerine peels activated carbon could be a good activated carbon for the removal of acetamiprid
pesticide from aqueous media.
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Abstract: Adsorptive removal of rose bengal (RB) from contaminated water samples was approached
using pineapple leaves (PAL). Three adsorbents were utilized for that purpose; raw pineapple leaves
(RPAL) and the thermally activated bio-waste leaves at 250 and 500 ◦C. Two measures were executed
to evaluate the functionality of exploited biomasses; percentage removal (%R) and adsorption capacity
(qe). Face-centered central composite design (FCCCD) was conducted to experiment the influence of
variables on the %R. Dose of PAL as adsorbent (AD), concentration of RB (DC), pH and contact time
(CT), were the inspected factors. Existence of functional groups and formation of activated carbon
was instigated employing Fourier-transform infrared (FT-IR) and Raman spectroscopies. Scanning
electron microscopy (SEM) and energy-dispersive X-ray spectroscopy (EDX) analyses were used
to explore surface features. Thermal behavior of adsorbents was studied using thermogravimetric
analysis (TGA). The surface area and other surface structural properties were established using the
Brunauer Emmett-Teller (BET) analysis. An amount of 92.53% of RB could be removed with an
adsorption capacity of 58.8 mg/g using a combination of pH 5.00 ± 0.20, RPAL dose of 0.05 mg/50 mL,
and 10-ppm RB for 180 min. Equilibrium studies divulge a favorable adsorption that follows the
Freundlich isotherm. Pseudo-second-order model explains the observed adsorption kinetics.

Keywords: green adsorbents; pineapple leaves; rose bengal (RB) dye; face-centered central composite
design (FCCCD), percentage removal (%R); adsorption capacity (qe)

1. Introduction

Water is perceived as the most important renewable source of life, where surface and ground water
play major roles in agriculture, livestock production, hydropower generation, etc. The rate of growth
of the world population is increasing day after day. This escalating growth is logically associated
with several environmental concerns. Water pollution is one of the most serious apprehensions that
living creatures have ever faced, if not the most challenging at all. The quality of water is particularly
significant for human health. As per the World Health Organization (WHO) reports, poor water quality
is responsible for 2.2 million deaths annually. Moreover, more than 2/3 of infant deaths stem from
waterborne diseases [1–4].

Numerous contaminants contribute to water pollution. Among these pollutants, heavy metals,
anions (sulfates, phosphates, fluoride, etc.), dyes, pesticides, fertilizers, and pharmaceuticals are the
most common [4–10]. Dyes, the topic of the current investigation, are widely applied in various
industries, e.g., paper, cosmetics, paint and textiles production, food processing, etc. Discharge of the
industrial effluents into water bodies causes not only a direct mutilation of water physicochemical
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features (such as color, pH, salinity, organic carbon content, etc.), but also instigates detrimental effects
on the ecosystem and consequently the human health. This effect is exacerbated by the diverse chemical
structure of these dyes and their resistance to biodegradation [11–13].

Rose bengal (RB), a basic xanthene dye, also known as ‘C.I. 45440 and C.I. Acid Red 94′,
is chemically recognized as disodium-4,5,6,7-tetrachloro-3′,6′-dihydroxy-2′,4′,5′,7′-tetraiodo-3H-spiro
[isobenzofuran-1,9′-xanthen]-3-one (molar mass: 1017.64 g/mol). Sodium salt of RB is commonly used
in diagnosing eye damage via staining the corneal and conjunctival cells. Other applications of RB
include treatment of certain cancers (melanoma and breast cancers), skin conditions such as psoriasis
and also as antibacterial. Moreover, RB is extensively used in fabric and photochemical manufacturing.
Nonetheless, RB has shown serious impacts on human health, especially when it gets in contact with
skin and eyes causing discomfort, irritation, redness and blistering [14–18]. Removal of RB from
wastewater has been done implementing various methods such as photo-degradation, nanofiltration
and adsorption [19–22].

Adsorption is one of the most promising strategies for wastewater treatment. On one hand,
adsorption is convenient, easy to maneuver, and can be conducted using readily available materials.
Conversely, dyes in specific are premeditated to be chemically stable with long–standing photolytical
properties. Most of the used strategies for removal of dyes require pre- and post-treatment steps.
In addition, majority of these methods are either impractical (request a tedious experimental setup) or
expensive with reduced removing capabilities [6–11,18,23,24]. Moreover, some of these techniques
might not be efficient at low pollutant concentrations. Adsorption is therefore a reasonable choice.
Developing the model adsorbent and how the adsorption process is conducted are the keywords in
managing the adsorption process. Agricultural as well as industrial wastes represent a real burden
on the ecosystem if not appropriately recycled and reprocessed. Sources of agricultural wastes are
variable. Yet, by-products of the agricultural processing such as peels, pits, shells, leaves, etc. represent
important naturally occurring resources that are copiously available and should be thoroughly thought
of for the production of value-added materials [24].

Pineapples (PA, Ananas comosus, Family: Bromeliaceae) is a perennial herbaceous plant. PA fruit
is mostly planted in coastline and tropical areas. In India, for example, PA fruits are grown on around
2,250,000 acres of land. The first bud of the leaves looks attractive. Later on, leaves become stiff;
sword shaped and spirally assembled around the fruit [25,26]. Leaves represent the waste biomass
of PA fruits and are commonly used as a source of natural fibers. Amount of waste produced from
PA (leaf waste) is worrying, where approximately 20,000–25,000 tons per acre are left out after the
harvesting process [27]. Leaf fibers consist of mainly holocellulose and lignin with minor amounts
of ash [28]. Raw and activated PAL have shown a promising removal potential for different kinds of
contaminants. Table 1 shows an evaluation for the performance of PA through different studies with
different adsorbates [29–35].

As previously mentioned, having an ideal adsorption process could be managed by not only
developing the model adsorbent, but also by engineering the adsorption process and more specifically
the influencing variables. Different parameters are known to affect the interaction between the adsorbent
and the adsorbate such as adsorbent dosage (AD), concentration of the adsorbate (DC), contact time
(CT), pH, surface area, as well as the nature of the adsorbent and the pollutant. The conventional
strategy for investigating the influence of these variables on the adsorption capability of an adsorbent is
to scrutinize the effect of a single variable per time (univariate analysis). This stratagem and in addition
for being time and effort consuming, involves several experimentations, an issue that jeopardizes
the method greenness. Moreover, this univariate-based strategy does not yield the adequate amount
of data that enable the researcher to draw the full picture for the adsorption process. Nevertheless,
and since the objective is to build a green bioremediation strategy, coupling of the adsorption process
to factorial designs would overcome these concerns [36].
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Table 1. Evaluation of the performance of pineapple leaf (PAL) processed in current work compared with other studies used PLP as adsorbent for removal
different adsorbates.

Absorbent Modification Method
Analytical

Approach Used
Surface Area

(m2/g)
Adsorbate

Adsorption Capacity
(mg/g)

%Removal References

Raw pineapple
leaves (RPAL)

Please check the experimental
part of this paper. FCCCD 4.79 Rose Bengal 58.8 92.53% Current work

Pineapple leaf
powder (PLP)

Leaves were washed, dried at
80 ◦C for 24 h, at pressure 70 kPa,
pulverized, and grinded to fine

PLP to be used.

Single variate
analysis ND * Cu (II) 9.28 90% [29]

NaOH-treated
pineapple waste

Leaves were washed several
times, dried in oven at 105 ◦C for

24 h, grinded and screened by
60 mesh sieves to use.

Single variate
analysis (Batch
experiments)

ND * Pb (II) and Cd (II) ND * <95% [30]

Surface modified
pineapple crown

leaves (PCL)

Leaves were washed, dried at
70 ◦C for 48 h, pretreated by

isopropyl alcohol and NaOH to
produce (P)PCL, modified by

acetic acid and hydrogen
peroxide to produce (M)PCL.

Single variate
analysis (P)PCL: 32.90 Cr (VI) and Cr (III)

Cr(VI) on (M)PCL: 3.91
Cr(VI) on (P)PCL: 2.69
Cr(III) on (M)PCL: 2.54
Cr(III) on (P)PCL: 1.82

ND * [31]

Pineapple leaf
powder (PLP)

Leaves were washed several
times, dried in oven at 80 ◦C for

48 h, grinded into powder for
further use.

Single variate
analysis 5.24 Methylene Blue ND * <95% [32]

Pineapple crown
activated carbon

and ZnCl2

Leave were washed with distilled
water, dried at 110 ◦C, chopped
into small pieces, and mixed at

ratio 1:1 with zinc chloride.

Single variate
analysis (Batch
experiments)

914.7 Methylene Blue 288.34 * ND [33]

Pineapple leaf
powder

Leaves were washed several
times, dried in oven at 105 ◦C for
24 h, grinded and sieved to fine

powder to use.

Single variate
analysis ND * Remazol Brilliant

Blue R 9.58 <90% [34]

Pineapple leaf
powder

Leaves were washed with
distilled water, dried in oven at

105 ◦C, crushed, and sieved.

Single variate
analysis (Batch
experiments)

ND * Methylene Blue 78.13 * ND [35]

* ND: Not Determined.
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Offering irresistible advantages including saving of time, efforts, and resources, a response surface
methodological approach (RSM)–face-centered central composite design (FCCCD) will be utilized in
the current approach to optimize the investigated responses. Factorial levels for four independent
variables will be adjusted with the target being set to maximize the removal of the studied contaminant
(RB) using PAL (raw and thermally treated at 250 and 500 ◦C, labelled as TTPAL250 and TTPAL500,
respectively) as adsorbents. The amount of RB dye adsorbed will be analyzed using spectrophotometry.
TGA, FT-IR, SEM, Raman, EDX, CHN, and BET analyses will be used to characterize the prepared
adsorbents. To further study the nature of the adsorbents and adsorption process, both kinetic and
equilibrium studies will be performed.

2. Results and Discussion

2.1. Selection of the Best Performing Adsorbent

Performance of the three prepared adsorbents was measured in terms of %R and the adsorption
capacity (qe) and using Equations (1) and (2), respectively. Table 2 shows a comparison between the
three prepared adsorbents under the same conditions. As per the results revealed in Table 2, RPAL had
the highest %R and qe and therefore was further used in the subsequent studies:

(%R) =
C0 −Ce

C0
× 100%, (1)

(qe) =
C0 −Ce

W
V (2)

where C0 (mg L−1) denotes the initial concentration of RB solution, Ce is the concentration of the RB
solution at equilibrium, V stands to the volume of the solution (L), and W is the weight of the adsorbent
used (g).

Table 2. Performance of PAL—based adsorbents in terms of %R and qe. Testing adsorption performance
was conducted using a variable blend of pH= 7.00± 0.20, DC= 50 ppm, AD= 50 mg/15 mL, CT= 30 min.
The responses shown were calculated using Equations (1) and (2).

Adsorbent Type Percentage Removal (%R) Adsorption Capacity (qe, mg/g)

RPAL 42.96 6.44
TTPAL250 18.99 2.85
TTPAL500 18.53 2.78

2.2. Response Surface Methodology (RSM): FCCCD

As previously mentioned, the purpose of the current approach is to investigate and optimize the
adsorption capability of PAL to RB dye from artificially contaminated water samples. The novelty of
the current approach stems from using a multivariate platform that surmounts all the previous cons of
the univariate approach. FCCCD, as mentioned, was the design of choice, where the impact of four
variables on a single response was assessed and optimized. Central composite designs (CCD) usually
contain built-in points from preceding full/fractional designs. In the current case, a full factorial design
was the preceding design and the value of alpha (α) or the distance between the axial points and the
center was equal to one, denoting a FCCCD [36]. The measured response (%R) was calculated using
the formula shown in Equation (1). Conducted experimental runs (as executed by the design setup) as
well as the working factorial limits accompanied by the observed and predicted responses are shown
in Table 3.
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Table 3. Independent factors and their levels together with the observed and predicted dependent
variable and the FCCCD matrix.

Factors Low Level Medium Level High Level

pH 5 8 11
Adsorbent Dose (AD, B, g/50 mL) 0.01 0.03 0.05
Dye Concentration (DC, C, ppm) 10 20 30

Contact Time (CT, D, min) 5 92.5 180

Experimental Runs, Observed and Predicted Responses

Expt No Blk * pH AD DC CT %R Obs. ** %R Pred. ** RE ***

01 1 5(−) 0.03(0) 20(0) 92.5(0) 38.19 36.20 0.05
02 1 8(0) 0.01(−) 20(0) 92.5(0) 1.43 2.83 0.49
03 1 8(0) 0.05(+) 20(0) 92.5(0) 47.06 35.19 0.34
04 1 8(0) 0.03(0) 20(0) 92.5(0) 33.00 25.36 0.30
05 1 8(0) 0.03(0) 20(0) 5(−) 38.19 40.15 0.05
06 1 8(0) 0.03(0) 10(−) 92.5(0) 34.72 30.87 0.12
07 1 11(+) 0.03(0) 20(0) 92.5(0) 23.41 15.59 0.50
08 1 8(0) 0.03(0) 30(+) 92.5(0) 28.15 20.14 0.40
09 1 8(0) 0.03(0) 20(0) 180(+) 62.73 50.91 0.23
10 1 8(0) 0.03(0) 20(0) 92.5(0) 19.32 25.36 0.24
11 1 5(−) 0.01(−) 10(−) 5(−) 25.46 24.28 0.05
12 1 5(−) 0.01(−) 30(+) 5(−) 7.84 12.17 0.36
13 1 11(+) 0.05(+) 10(−) 5(−) 21.14 26.06 0.19
14 1 8(0) 0.03(0) 20(0) 92.5(0) 19.24 25.36 0.24
15 1 5(−) 0.01(−) 30(+) 180(+) 10.40 10.18 0.02
16 2 5(−) 0.05(+) 10(−) 5(−) 86.64 92.53 0.06
17 2 11(+) 0.01(−) 10(−) 180(+) 26.86 30.36 0.11
18 2 5(−) 0.05(+) 10(−) 180(+) 88.40 92.60 0.04
19 2 5(−) 0.01(−) 10(−) 180(+) 27.07 34.02 0.20
20 2 11(+) 0.01(−) 10(−) 5(−) 1.88 3.88 0.51
21 2 5(−) 0.05(+) 30(+) 5(−) 71.46 74.71 0.04
22 2 8(0) 0.03(0) 20(0) 92.5(0) 23.71 25.36 0.06
23 2 11(+) 0.01(−) 30(+) 180(+) 17.04 22.04 0.23
24 2 8(0) 0.03(0) 20(0) 92.5(0) 20.07 25.36 0.21
25 2 11(+) 0.01(−) 30(+) 5(−) 5.14 6.29 0.18
26 2 5(−) 0.05(+) 30(+) 180(+) 50.70 59.65 0.15
27 2 8(0) 0.03(0) 20(0) 92.5(0) 23.41 25.36 0.08
28 2 11(+) 0.05(+) 10(−) 180(+) 44.26 49.17 0.10
29 2 11(+) 0.05(+) 30(+) 180(+) 31.96 39.67 0.19
30 2 11(+) 0.05(+) 30(+) 5(−) 25.45 29.75 0.14

* Blk: Block; ** Obs: observed readings; ** Pred.: predicted readings; *** RE = Relative error = / (Measured value −
Actual value)/Actual value /.

2.3. Investigation of Statistically Significant Variables

In order to investigate the statistical significance of tested variables, Pareto chart of standardized
effects, normal and half-normal probability plots alongside with analysis of variance (ANOVA) were
implemented. Pareto chart (Figure 1) shows that AD (B) is the most statistically effective factor,
followed by the effect of pH (A). It can be also observed that the CT is not that much effective compared
to the other factors, however the squared interaction (CT × CT) was the third most influencing variable.
The interaction of the CT × AD was the least effective factor on the %R of RB dye. Similar conclusions
were obtained using the analysis of variance test (ANOVA) at 95.0 confidence interval (95.0 CI). ANOVA
results are shown in Table 4. F-value is shown for every model term and is sufficiently large in case
of statistically significant variables. As shown in the table as well, variables with a significance level
(p-value) less than 0.05 are statistically significant, and the opposite is true. Table 4 also shows that
lack-of-fit has a p-value of 0.633 (statistically not significant) inferring goodness-of-fit.
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%R . = 12.46 − 1.442 pH + 1134 AD − 0.450 DC − 0.1495 CT − 7465 AD × AD+ 0.000810 CT × CT − 42.21 pH × AD + 0.0468 pH × DC+ 0.00668 pH × CT − 0.448 AD × CT − 0.001133 DC × CT,

 

Figure 1. Pareto chart of standardized effects following response transformation.

Table 4. Analysis of variance (ANOVA) for the transformed response.

DF * Adj SS Adj MS F-Value p-Value

Model 12 1329.53 110.794 40.79 0
Blocks 1 27.58 27.583 10.15 0.005
Linear 4 993.74 248.436 91.45 0

pH 1 215.12 215.12 79.19 0
AD 1 677.08 677.082 249.24 0
DC 1 58.02 58.024 21.36 0
CT 1 43.52 43.518 16.02 0.001

2–Way Interactions 5 209.07 41.813 15.39 0
pH × AD 1 102.61 102.609 37.77 0
pH × DC 1 31.67 31.665 11.66 0.003
pH × CT 1 49.25 49.254 18.13 0.001
AD × CT 1 9.81 9.814 3.61 0.074
DC × CT 1 15.72 15.724 5.79 0.028

Squared Interactions 2 123.74 61.872 22.78 0
AD × AD 1 28.23 28.234 10.39 0.005
CT × CT 1 121.83 121.825 44.85 0

Error 17 46.18 2.717
0.85 0.633Lack–of–Fit 13 33.92 2.609

Pure Error 4 12.27 3.066
Total 29 1375.71

* DF is degrees of freedom SS is sum of squares and MS is mean of squares.

It is noteworthy to mention that response surface regression was performed versus blocks, pH,
AD, DC as well as the CT employing Box-Cox transformation [37] where the transformation factor,
λ = 0.75 and backward elimination of terms (α to remove = 0.1) was used, Equation (3):

(Transformed response) Y′= (Yλ − 1)/λ (transformation factor) (3)

The outcome of the response surface regression is the following mathematical paradigm shown in
Equation (4):

%R0.75 = 12.46− 1.442 pH + 1134 AD− 0.450 DC− 0.1495 CT− 7465 AD×AD
+ 0.000810 CT×CT− 42.21 pH×AD + 0.0468 pH×DC
+ 0.00668 pH×CT− 0.448 AD×CT− 0.001133 DC×CT,

(4)
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Equation (4) shows that increasing the pH value would reduce the %R. Conversely, increasing
the dose of RPAL would enhance the removal of RB. Model summary shows that the value of R2 was
relatively high (R2 = 96.95%) and close to the value of R2—adjusted (R2 (adj) = 94.27%), indicating
the linearity of the proposed model. The value of R2—predicted was also high (R2(pred) = 89.99%),
implying that the proposed model is significantly capable of detecting new observations. This finding
could be further confirmed by referring to Table 3 where both experimental and predicted values are
revealed together with the difference between the experimental and actual values, relative to the actual
values expressed as the relative error (RE). The shown error is relatively small reflecting a close match
between observed and predicted responses.

2.4. Contour Plots of %R and Surface Optimization

Figure 2 illustrates the two–dimensional (2D) plots for the measured fitted response surface.
Each of the shown panels reveals the effect of two factors on %R. As shown in the attached legend,
the dark red color implies a lower %R, while dark grey color means higher %R. Having the upper left
panel as an example (AD × pH), having an AD of 0.042–0.048 g/50 mL and a pH level of 5.00–5.20,
the %R is in the range of 50%–60%. Similar conclusions can be obtained from the rest of panels for each
factorial combination.

 

 −

 −

 

Figure 2. Response contour plots for the %R. Dark grey regions represent regions where maximum %R
could be obtained using the factorial combination in each panel.

A typical strategy to deal with how a mixture of factorial settings satisfies the destinations that they
were setup for is the use of “optimization plot”—a tool offered by Minitab to optimize the measured
response. As shown in Figure 3, the objective was set to attain a 100% removal of RB, and the variable
settings were fluctuated to achieve the objective. As shown, a blend of the tested variables at the
level denoted as ‘Cur’ would produce a response value of 92.53%. The desirability value (d) was high
enough, entailing the favorability of the mentioned blend. Figure 3 also shows that increasing the dose
of RPAL enhances the adsorption process. This can be attributed to the increase in the number of
adsorption sites available for the uptake of RB. The figure also shows that increasing the pH would
decrease the %R, and similarly the DC. Impact of CT and as shown in the figure has a varying effect,
where increasing the CT from 5 to 92.5 min. has resulted in reduced %R, while with increasing the time
from 92.5 to 180 min., removal was improved. These findings are similar to the conclusions obtained
from the mathematical paradigm described in Equation (4). Yet, explanation of these findings will be
considered in lights of surface chemistry and nature of the dye throughout the next subsections.
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Figure 3. Optimization plot. A factorial combination of pH = 5.00 ± 0.20, AD = 0.050 g/50 mL,
DC = 10 ppm and CT of 5 min. would achieve %R = 92.53%.

2.5. Adsorbent Characterization

2.5.1. Thermogravimetric Analysis (TGA)

Thermogravimetric analysis of RPAL was done under N2 with a heating rate of 10 ◦C/min.
The data represented in Figure 4 shows that the weight loss for the RPAL sample occurs over three
steps as follows:

(1) First step: loss of adsorbed water molecules at a temperature range of 25–100 ◦C and represents
6.08% of the sample,

(2) In this step, >49% of the sample is decomposed between (200–500 ◦C) including the loss of
crystalline water at ~200 ◦C and part of the organic matter, as represented by a major peak at
305 ◦C, which could be ascribed to the decomposition of the organic material in RPAL,

(3) The last step at ~525 ◦C where 14.46% of the RPAL sample was lost at this stage and it could be
related to the carbonization of PAL.
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Figure 4. TGA graph of air—dried pineapple leaves (RPAL).

As shown from the TGA findings, thermal treatment of the RPAL might have resulted in the
evaporation of the small molecules such as H2O, CO, and CO2. Absence of these functionalities in the
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thermally treated samples would explain their diminished adsorption capabilities compared to the
RPAL sample.

2.5.2. Fourier Transform Infrared Spectroscopic Analysis (FT-IR)

FT-IR spectra of RPAL and TTPAL250 are given in Figure 5. As previously indicated, PAL are
mainly composed of lignocellulosic material [28,29,32]. The obtained spectra show the existence of
almost the same peaks in the two samples but with lower intensity in the thermally treated one due
to the decomposition of lignocellulosic material, a finding that explains the subordinate adsorption
capability of the later compared to the former [33]. The obtained data show a broad absorption band
centered at 3325 cm−1 for the RPAL and 3318.4 cm−1 for TTPAL250. This peak could be assigned to
the hydrogen–bonded—OH vibration of the cellulosic structure of the RPAL. In addition, it could be
attributed to N-H group which is confirmed later by the presence of a high concentration of nitrogen in
both raw and thermally treated samples in the CHN analysis. The spectra also show the presence of
the absorption band at 2913–2920 cm−1 in both samples, which could be ascribed to the C-H stretching
of aliphatic—CH groups. The absorption bands at 1595–1585.8 cm−1 confirm the presence of bending
N-H of amines. The two bands at 1365 and 1375 cm−1 can be assigned to bending—OH. The absorption
band at 1034.3 cm−1 for the RPAL and 1033.5 cm−1 for TTPAL250 can be ascribed to the presence of
C–O stretching. The FT-IR results confirm the presence of surface functional groups that should have
played an important role in the adsorption of RB onto PAL.
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Figure 5. FT-IR spectra of RPAL and TTPAL250.

By combining the FT-IR data together with the FCCCD analysis findings, it can be recognized
that the pH has a substantial influence on RB sorption process. Measurements were made at three pH
values 5.00, 8.00, and 11.00. These values were carefully selected, where RB had the same absorption
maxima in the three solutions. Moreover, the color of RB disappeared at pH less than 4.00. As per
the design analysis, biosorption of RB onto RPAL was maximum at the acidic side (pH = 5.00 ± 0.20)
and further elevation in the pH has resulted in a diminutive removal, Figure 3. RB and as previously
reported, is an anionic dye with a pKa value of 4.50 [38,39]. Therefore, at pH > pKa, RB will start to be
ionized (deprotonated, negatively charged). On the other hand, the surface of RPAL at the acidic side
and as per the FT-IR analysis might have some positively charged functionalities. The existence of
negatively charged RB on the positively charged RPAL surface would encourage electrostatic interaction.
Conversely, at pH = 11.00 surface of RPAL will be negatively charged, therefore, less interaction
between RB and RPAL surface. Similar results for better sorption of RB in acidic media has been
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previously reported using different adsorbents such as Fe (III)–montmorillonite [16], chitosan–TiO2

nanocomposite [17], and bottom ash [40].

2.5.3. Raman Analysis

Raman spectra of raw and thermally treated pineapples are shown in Figure 6. The obtained
spectra show the absence of any peaks in the range between 1000 to 2000 cm−1 in the raw sample.
This could be explicated taking in consideration that carbon in the raw sample exists in the form of
organic matter. Contrariwise, the Raman spectra of the burnt samples (TTPAL250 and TTPAL500)
show two peaks which could be ascribed to the D–and G–bands at approximately 1351 cm−1 (D–band)
and 1585 cm−1 (G–band). It is imperative to mention that these two bands are characteristic peaks
for carbon materials. In addition, the resulted D–, and G–bands pattern is close to the bands present
in graphene oxide [41]. Besides, the D–band reflects the carbon lattice properties including defects
and sizes, but the G–band shows the stretching of C-C in sp2 system [42]. Furthermore, the ration
between intensity of D–band to G–band was calculated (ID/IG) and compared for the two thermally
treated samples. Interestingly, the ID/IG for TTPAL250 was 0.90 compared to 1.07 for TTPAL500.
This finding confirms the fact that the number of defects has increased by increasing the burning
temperature. Yet, it can be also observed that the burning process (carbonization) might have resulted
in the elimination of some essential functional groups, which in turn might have an important role in
the diminished removal efficiency of the TTPAL250 and TTPAL500 compared to RPAL sample.
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Figure 6. Raman spectra of the raw pineapple leaves (RPAL) and the thermally treated samples
(TTPAL250 and TTPAL500).

2.5.4. Scanning Electron Microscopy Analysis (SEM)

The surface structure of the raw and the thermally treated PAL was explored using the scanning
electron microscope (SEM). The SEM micrographs presented in Figure 7 showed that the RPAL
(Figure 7A) has plain surface without any pores and the same was also observed following the burning
process at 250 ◦C (Figure 7B). On the other hand, the surface has completely changed after burning at
500 ◦C. Figure 7C shows the presence of high porous surface compared to the raw material, confirming
the formation of carbonaceous material with advanced pore structure and the loss of organic matter
after burning at 500 ◦C. These findings are in a good match with the obtained data by FT-IR and TGA
analyses. Furthermore, EDX analysis shows the effect of the burning process on the concentration of
carbon and oxygen. Results show that carbon content has increased from 75.79% in the RPAL to 82.90%
in the burnt sample (Figure 7D,E). In addition, the oxygen content has decreased from 22.91% in the
RPAL to 10.27% in RPAL500. This decrease might be attributed to the loss of water oxygen during the
burning process, an issue that might have a negative impact on the removal efficiency of the thermally
treated samples and as was confirmed by the FT-IR and Raman analyses.
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Figure 7. The upper panel is the SEM micrographs of RPAL (A), TTPAL250 (B), and TTPAL500 (C).
The lower panel is the EDX analysis of RPAL (D), and TTPAL500 (E).

2.5.5. Carbon, Hydrogen, and Nitrogen Analysis (CHN)

Data shown in Table 5 represent a comparison between three samples RPAL, TTPAL250,
and TTPAL500 in terms of the percentage Carbon, Hydrogen, and Nitrogen. The collected data
show that the %C and %N has increased following the thermal treatment in contrast to the %H.
These findings indicate that the burning process might cause the loss of hydrogen in crystalline and
physical water in contrast to the carbon concentration, which has increased because of the conversion
of the biomass into carbon during the burning process.

Table 5. CHN Elemental analysis of the prepared adsorbents.

Adsorbent %C %H %N

RPAL 39.555 4.991 2.447
TTPAL250 52.140 4.942 3.117
TTPAL500 50.353 2.529 2.438

2.5.6. Brunauer–Emmett–Teller (BET) Surface Area Analysis

Table 6 shows the measured BET surface area and the total pore volume of the three adsorbents
using N2 adsorption–desorption measurements. The obtained data show that the surface area of RPAL
is 4.59 m2/g and this area has increased (almost doubled) following thermal treatment to 9.81 m2/g for
TTPAL500 with no much difference between TTPAL250 and TTPAL500. On the other hand, the total pore
volume has increased from 0.016 to 0.041 cm3/g for RPAL and TTPAL500, respectively. This increase in
the pore volume is confirmed by the SEM micrographs. Conversely, the pore radius has decreased in the
thermally treated samples compared to the raw one. These findings together with the FT-IR and Raman,
and FCCCD analyses might explain the superiority of RPAL as adsorbent compared to the TTPAL250
and TTPAL500 samples, and confirm that the adsorption process is controlled by the chemical structure
of the adsorbent surface, which in turn is affected by the adsorption conditions. Figure 8 displays that
the three adsorbents show a type III adsorption isotherm with H3—hysteresis loop, indicating the
unrestricted multilayer formation and that lateral interactions between the adsorbate molecules are
stronger than the interactions between adsorbent and the adsorbate. The H3—hysteresis indicates
the aggregation of plate–like particles to form slit–like pores in loose assemblies. Furthermore, it also
shows the presence of two types of pores including mesopores (2–50 nm diameter) and macropores
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(>50 nm diameter, according to the IUPAC classification), in alignment with the analysis of SEM
micrographs, Figure 7 [43].

Table 6. Brunauer–Emmett–Teller (BET) analysis of RAPL and thermally treated samples.

Parameters RPAL TTPAL250 TTPAL500

Langmuir SA (m2/g) 4.59 8.43 9.81
Total pore volume (cm3/g) 0.016081 0.02674 0.040636
Average pore radius (◦A) 105.5 81.4 96
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Figure 8. BET analysis of (A) RPAL, (B) TTPAL250, and (C) TTPAL500.

2.6. Equilibrium and Kinetics Studies of the Adsorption of RB onto PAL

The data displayed in Table 2 prove that RPAL has higher adsorption efficiency compared to the
thermally treated samples, hence, the equilibrium isotherms and kinetics studies were carried out
using the RPAL sample. Important information, such as the maximum quantity adsorbed, the type of
interaction (chemi—or physisorption) between the adsorbate and the adsorbent surface, are by and
large obtained using adsorption isotherms. Kinetics studies, on the other hand, are used to find the
different factors affecting the adsorption process including adsorption rate, type of the layer formed
on the surface of the adsorbent (mono or multilayer), and the type of the adsorption mechanisms.
The data given below will show the kinetics and adsorption isotherms of the adsorption of RB dye
onto the RPAL sample.

2.6.1. Equilibrium Isotherms

The biosorption of RB dye onto the RPAL was studied using four isotherms: (1) Langmuir,
(2) Freundlich, (3) Temkin, and (4) Dubinin–Radushkevich (DR) paradigms [44–47]. Single–layer
homogeneous adsorption on the surface of the adsorbent was explained by Langmuir isotherm as
shown in Figure 9A and Table 7. The Langmuir equation is shown below:

qe =
qm KL Ce

1−KL Ce
(5)
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Figure 9. Adsorption isotherms of RB on RPAL including (A) Langmuir, (B) Freundlich, (C) Temkin,
and (D) Dubinin–Radushkevich (DR).

Table 7. General and linearized equation of Langmuir, Freundlich, Temkin and Dubinin–Radushkevich
isotherms, beside their parameters for the adsorption of RB on ADPP.

Isotherm Equations (Generalized/Linearized Forms) Parameters Value

Langmuir
qe =

qm KL Ce

1−KL Ce

qm (mg/g) 58.80

KL (L·mole−1) 0.012
Ce

qe
= 1

qm KL
+ Ce

qm R2 0.801

Freundlich
qe = KFC

1
n
e

1
n 0.609

KF (mole/g) (L/mole)1/n 1.835
log(qe) = log(KF) +

(

1
n

)

log(Ce) R2 0.943

Temkin
qe =

RT
bT

ln(AT Ce)
bT (J/mole) 248.4

AT (L/mole) 0.205
qe =

RT
bT

ln(AT) +
RT
bT

ln(Ce) R2 0.881

DR

ln(qe) = ln(qm) − βǫ2 β 1 × 10−8

ǫ = RT(1 + 1
Ce
)

E (kJ/mole) 7.07
qs (mg·g) 34.72

E = 1/
√

2β R2 0.858

In Equation (5), qm and KL stand for the maximum adsorption capacity and the Langmuir
equilibrium coefficient, respectively. Langmuir equation can be expressed using the following formula:

RL =
1

1−KL C0
(6)

where RL and C0 represent the separation factor and the initial concentration (mg/L) respectively. The RL

value reflects the feasibility of the sorption process. Therefore, if RL is higher than 1, the adsorption
process is counted as unfavorable and if RL is equal to 1, the adsorption isotherm is linear. In cases
where the RL value is in the range between 0 and 1, then the adsorption process is favorable, and it
occurs spontaneously, while if RL is equal to 0, the adsorption is expressed as irreversible process [47].
Based on the obtained data for the current work, the RL value was found to be less than 1 and higher
than 0, indicating that the biosorption of RB onto RPAL was spontaneous and the monolayer maximum
adsorption capacity (qmax) = 58.80 mg/g.
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The heterogeneous adsorption is usually portrayed using the Freundlich isotherm described by
the following equation:

qe = KFC
1
n
e (7)

where Ce is the equilibrium concentration of RB (mg L−1); qe is the amount of RB adsorbed/unit
mass (mg·g−1), while KF (mole·g−1) (L·mole−1)1/n and 1/n, are the Freundlich coefficients. This model
presumes neither homogenous adsorption nor restricted level of biosorption. According to the obtained
data shown in Figure 9B and Table 7, the highest R2 value (0.943)–among the four studied models—was
obtained using the Freundlich isotherm, implying that this model holds for the RB—RPAL system.
Freundlich coefficient 1/n = 0.609 and n = 1.642, signifying that the biosorption of RB is favorable
where the value of 1/n < 1. This isotherm also designates that the adsorption might not be monolayer
and that adsorption sites with higher affinity might be inhabited first. This finding also explains why
the removal efficiency (%R) has decreased with increasing [RB].

The adsorbate–adsorbent interaction was also studied using the Temkin isotherm as shown in
Figure 9C and Table 7. Temkin isotherm, however, cannot be used to explain the adsorption of RB
onto RPAL since the R2 value = 0.881. The DR isotherm, (Figure 9D and Table 7) was used to detect
the type of adsorption on a heterogeneous surface [47]. Based on the reported information on the
relation between the free energy value and the adsorption mechanism, where if the free energy value is
<8.0 kJ/mol, the adsorption process is physisorption while if the free energy is >8.0 kJ/mol then the
adsorption process will be chemisorption. According to the data revealed in Table 7, the free energy
for adsorption of RB onto RPAL is physisorption where the amount of free energy equals 7.07 kJ/mole.
Yet, this type of isotherm might not be applicable in the current investigation where data did not
show an excellent goodness–of–fit with R2 = 0.858. These findings together with the characterization
outcomes show that and though free energy implies physisorption, occurrence of chemisorption cannot
be ruled out [48].

2.6.2. Biosorption Kinetics

In this study, four models were tested; pseudo–first order (PFO), pseudo–second order (PSO),
Elovich and Weber–Morris (W–M) to explain the kinetics of the adsorption process of RB onto RPAL.
The data shown in Figure 10A,B represent the plots of [ln(qe–qt) vs. time] and [time/qt vs. time] for the
two tested kinetic models; PFO and PSO, respectively. Other parameters together with their values are
listed in Table 8. By comparing the linearity and the calculated adsorption capacity at equilibrium for
these two models, it can be detected that the PSO model is more applicable in explaining the adsorption
of RB onto RPAL [49–51]. Therefore, the reaction of RB with RPAL can be expressed as:

RB + RPAL
k
→ {RB−RPAL} (8)

Table 8. The kinetics study results corresponding to Figure 10.

Model Parameter Value

Pseudo–first order (PFO)
ln(qe − qt) = ln(qe) − k1t

K1 (min−1) 0.493
qe (mg/g) 12.61

R2 0.863

Pseudo–second order (PSO)
t
qe

= 1
k2q2

e
+ 1

qe
t

where K2 is rate constant (g·mg−1·min−1)

K2 (g·mg−1·min−1) 0.019
qe (mg/g) 25.91

R2 0.965

Elovich model
qt = β ln(αβ) + β ln(t)

where qt is adsorbed quantity at time t, α is initial sorption concentration rate
(mg·g−1·min−1), and β is desorption constant (g/mg).

A 3.79 × 1012

B 1.817

R2 0.953

Weber–Morris intra–particle diffusion model
qt = KIt0.5 + C

where KI is intra–particle diffusion rate constant (mg·g−1·min−0.5), and C is boundary
thickness effect.

KI 1.262

C 53.66

R2 0.888
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Figure 10. Kinetic models for the adsorption of RB on RPAL including (A). Pseudo first order, (B).
Pseudo second order, (C). Elovich and (D). intra–particle diffusion (Weber–Morris) curves.

Therefore, the rate of the reaction can be expressed as: k[RB][RPAL], implying that the adsorption
rate depends mainly on both RB and RPAL concentrations. Weber–Morris intra–particle diffusion model,
Figure 10C, indicates that the diffusion rate is very fast with the value of K1 = 1.262. The mechanism
of adsorption process using this model involves the formation of a layer of RB around the particles
of RPAL, which will prevent any penetration of more RB and form a boundary layer (53.66 mg/g).
This value is close to the qmax obtained from the Langmuir isotherm. Finally, the Elovich model,
Figure 10D, shows a low R2 value (0.953) compared to PSO model. This model shows that the initial
adsorption rate (α = 3.79 × 1012 mg·g−1·min−1) is higher than the desorption rate (β = 1.817 g·mg−1).
Therefore, the adsorption of RB onto RPAL involves a second–order uptake rate vs. the existing
surface sites.

3. Materials and Methods

3.1. Materials and Reagents

The chemicals used were of the analytical grade and were used as acquired with no additional
purification. Sodium hydroxide, sodium tetraborate–10–hydrate and hydrochloric acid were purchased
from Sigma–Aldrich (Eschenstrasse, Taufkirchen, Germany). Rose bengal (RB) was a product of BDH
Laboratory Supplies (Poole, UK). Values of pH were adjusted as previously mentioned [10]. Pure water
was used for diluting the RB dye solutions to 1000 ppm. Pineapple leaves (PAL) were used after drying
as will be described in their method of preparation.

3.2. Instrumentation and Software

A Jenway pH meter was used for the preparation of different pH dye solution. An ST8 Benchtop
Centrifuge (Thermo Scientific, Waltham, MA, USA) was used for separating the components of
each sample mixture. The absorbance was measured using an UV–Vis spectrophotometer (Agilent
DAD, Agilent, Santa Clara, CA, USA). The surface morphology of the prepared pineapple leaves
was identified using a scanning electron microscope (SEM– Quanta 200, Thermo Scientific, Waltham,
MA, USA) and energy–dispersive X–ray spectroscopy (EDX, Thermo Scientific, Waltham, MA, USA).
Fourier transform infrared radiation (FT-IR, Bruker Alpha, MA, USA) was used to determine the
functional groups on the surface of pineapple leaf. The Raman spectrum was recorded in the range
from 50–3500 cm−1 using a Raman microscope (DXR Raman Microscope, Thermo Scientific, Waltham,
MA, USA), with a laser beam at 532 nm as excitation source. Furthermore, a thermal gravimetric
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analyzer (TGA400, PerkinElmer, Waltham, MA, USA was utilized to inspect the thermal stability of the
pineapple leaf. Finally, Minitab®19 software (Minitab Inc., Chicago, IL, USA) was used to construct
the face–centered central composite design (FCCCD).

3.3. Face—Centered Central Composite Design (FCCCD)

The design of experiment chosen to conduct the current study is FCCCD. The percentage removal
(%R) as a single response was optimized as a function for four independent variables, pH, DC, AD,
and CT (Table 3). The design matrix involved conducting 30 basic runs in one replicate over two blocks
with α = one. Design points involved 16 cube points, eight axial points, and total of six center points.
The full design matrix as shown in Table 3.

3.4. Preparation of RB

Ultra–pure water was artificially contaminated with RB dye to have a stock solution of 1000 ppm.
Serial dilutions of the RB solution were prepared by adjusting the desired pH value using the previously
prepared pH adjusting solutions. Three calibration curves were prepared, therefore, at three pH values,
Table 3, and measured at 548 nm.

3.5. Adsorbent Preparation

3.5.1. Air–Dried Raw Pineapple Leaves (RPAL)

Pineapples were purchased from a local market in Doha–Qatar. The leaves of the pineapple were
separated from the bottom of the pineapple fruit using a metal blade. The crown base was detached,
then the pineapple leaves were cut into small pieces approximately 1 × 1 cm. These pieces were rinsed
with tap water followed by distilled water to remove any impurities or pollutants present on their
surface. The cut leaves were then dried and exposed to the sunlight directly for three consecutive days
until they are completely dry. Dry leaves were allotted as three portions. The first portion was further
dried in air and labeled as raw pineapple leaves (RPAL).

3.5.2. Thermal Treatment of Pineapple Leaves

Portions 2 and 3 were activated in the oven at 250 ◦C and 500 ◦C for 1 h, and labeled as, thermally
treated pineapple leaves; (TTPAL250), and (TTPAL500), respectively. The three portions and after the
previous treatment were chopped well with electrical grinder until it becomes fine powder.

3.6. Evaluation of the Adsorption Perfomance of the Prepared Adsorbents

Two batches of 15 mL centrifuge tubes were prepared. The first set was the sample and the second
set was for the blanks. In each tube for both sets, 30–150 mg of RPAL was added. The pH value of the
RB solutions was adjusted to the desired figure (Table 3). Next, the two sets of samples and blanks
were centrifuged at 4200 rpm for the time specified in Table 3 to facilitate obtaining the supernatant.
UV–Vis spectrophotometer was used to measure the absorbance of the supernatant.

4. Conclusions

The present work has emphasized that economic PAL adsorbents could be efficiently used for the
adsorption of rose bengal (RB) from wastewater. Three types of adsorbents were developed for that
purpose, raw (RPAL) and thermally treated PAL at 250 ◦C and 500 ◦C. Results showed that RPAL is
more efficient for the removal of RB. A smart and ecofriendly platform has been proposed to engineer
the removal process. In this context, a response surface methodological approach (face–centered central
composite design, FCCCD) was used to optimize the variables influencing the adsorption process.
The response (%R) was measured as a function of four factors (pH, AD, DC, and CT). As per the response
surface regression model, increasing the dose of RPAL improves the adsorption of the dye, in contrast
to pH and DC. FT-IR and Raman spectra were used to examine the prepared adsorbents. FT-IR data
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showed the presence of–OH, N–H, C–H, and C–O function groups in RPAL as well as in the thermally
treated sample but with a lower intensity. Raman spectra showed the formation of carbonaceous
material after the burning process as confirmed by the presence of D– and G–bands. The equilibrium
studies revealed that the biosorption of RB on RPAL could be represented by the Freundlich isotherm.
The maximum monolayer adsorption capacity was 58.80 mg/g as determined by the Langmuir isotherm.
Furthermore, the adsorption of RB onto RPAL is physisorption with free energy equals 7.07 kJ/mol as
calculated by the Dubinin–Radushkevich (DR) isotherm. However, and considering the SEM and BET
analyses together with the FT-IR findings, occurrence of chemisorption cannot be ruled out. The kinetic
studies showed that the adsorption process was a second–order reaction and adsorption rate depends
mainly on both RB and RPAL concentrations.
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Abstract: The use of insensitive munitions such as 3-nitro-1,2,4-triazol-5-one (NTO) is rapidly increas-
ing and is expected to replace conventional munitions in the near future. Various NTO treatment
technologies are being developed for the treatment of wastewater from industrial munition facilities.
This is the first study to explore the potential phytoremediation of industrial NTO-wastewater using
vetiver grass (Chrysopogon zizanioides L.). Here, we present evidence that vetiver can effectively
remove NTO from wastewater, and also translocated NTO from root to shoot. NTO was phytotoxic
and resulted in a loss of plant biomass and chlorophyll. The metabolomic analysis showed significant
differences between treated and control samples, with the upregulation of specific pathways such
as glycerophosphate metabolism and amino acid metabolism, providing a glimpse into the stress
alleviation strategy of vetiver. One of the mechanisms of NTO stress reduction was the excretion
of solid crystals. Scanning electron microscopy (SEM), electrospray ionization mass spectrometry
(ESI-MS), and Fourier-transform infrared spectroscopy (FTIR) analysis confirmed the presence of
NTO crystals in the plant exudates. Further characterization of the exudates is in progress to ascertain
the purity of these crystals, and if vetiver could be used for phytomining NTO from industrial
wastewater.

Keywords: insensitive munitions; 3-nitro-1,2,4-triazol-5-one (NTO); industrial wastewater; ve-
tiver grass; phytoremediation; phytoextraction

1. Introduction

Conventional explosives such as 2,4,6-trinitrotoluene (TNT) and 1,3,5-trinitro-1,3,5-
triazine (RDX) have been used in weapons for decades. Since the 1990s, however, the focus
has shifted to developing formulations of insensitive munitions (IMs), which are safer to
handle but remain as effective as conventional explosives [1–3]. 3-nitro-1,2,4-triazol-5-one
(NTO) is one of the main constituents of IM formulations [4]. It is less sensitive to heat
and shock and is safer to handle and transport. Detailed chemical properties of NTO
are presented in Supplementary Information (Table S1). NTO is more water-soluble than
conventional explosives such as RDX and TNT. The solubility of NTO in water increases
from 9.97 to 1989.67 g/L when the temperature increases from 11 to 33 ◦C [5]. Due to its
high solubility, wastewater generated in munition plants containing NTO requires physical,
chemical, and/or biological treatment according to regulatory standards before being
released into the environment.

As wastewaters produced in industrial munition facilities have the potential to contain
residues of explosive compounds and their transformation products, they are subjected to
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extensive industrial waste treatment processes under regulatory discharge guidelines [6–9].
These processes can be expensive and inefficient. Aerobic and anaerobic biological treat-
ment processes have been explored for the remediation of NTO in wastewater. Under anaer-
obic conditions, NTO is biotransformed into ATO (3-amino-1,2,4-triazol-5-one), which re-
quires further treatment based on regulatory standards. In a sequential anaerobic-aerobic
biodegradation study, while NTO biotransformed into ATO under anaerobic conditions,
ATO later mineralized under aerobic conditions [10,11]. Sorbents such as granular activated
carbon (GAC) are ineffective, as NTO carries an electrostatic charge in aqueous solutions
and sorbs very poorly to GAC [1,12]. Other processes such as reverse osmosis (RO) and
electrochemical degradation for NTO removal either produce concentrated waste streams
or additional regulated byproducts [1]. A Fe/Cu bimetal system was used to remove NTO
from an aquatic medium, and a pH and a solid-to-liquid ratio-based removal of NTO
was reported [4,13]. The phototransformation of NTO in an aqueous medium was also
tested [14]. The fate of NTO during biological wastewater treatment was also studied,
and the ability of wastewater sludges to promote the biotransformation of NTO to ATO
was documented [15].

It is important to develop more effective treatment technologies for wastewater
streams containing NTO, since the processes tested so far are expensive, ineffective, or pro-
duce harmful byproducts. The objective of this study was to evaluate the potential use
of vetiver grass (Chrysopogon zizanioides L.) to remove NTO from wastewater. Vetiver
is high biomass, fast-growing, perennial grass. It has an extensive root system that can
penetrate deeply (3–4 m). Vetiver’s ability to remove various environmental contami-
nants including various metals and antibiotics is well studied [16–20]. Vetiver was also
shown to be effective in the remediation of various explosive compounds from the en-
vironment [21,22]. Studies showed that vetiver grass has the potential to remove TNT,
RDX, HMX (1,3,5,7-tetranitro-1,3,5,7-tetrazocane), DNAN (2,4-dinitroanisole), and NQ
(nitroguanidine) from hydroponic media [23–25]. Vetiver’s ability to uptake TNT from
the soil in the presence of urea has also been reported [26,27]. Studies showed that plant–
microbe interaction plays a significant role in vetiver’s ability to remove TNT from soil [28].
While vetiver has been recognized as an effective candidate for the phytoremediation of
several explosive compounds, its potential for removing NTO from water or soil has not
yet been tested.

2. Results and Discussion

2.1. Uptake of NTO by Vetiver Grass

The untreated NTO-wastewater used in this study was alkaline, with a pH of 10.2 ± 0.1
(±standard deviation, SD). NTO concentration in the wastewater was measured as
23,161 ± 135 mg/L (± SD). Nitrate, nitrite, and ammonium-nitrogen concentrations in
the wastewater were 1680 ± 185 (± SD), 1.07 ± 0.05 (± SD), and 19.8 ± 2.3 mg/L (± SD),
respectively. The wastewater also contained 1.5 ± 0.3 mg/L (± SD) of Na and 44 ± 3 mg/L
(±SD) of Ca.

Two different treatments were used for this study: (1) vetiver grown in
NTO-wastewater (NV), and (2) NTO-wastewater without plants (negative control, NC).
NV and NC were set up in triplicate, resulting in six containers in total. The duration
of the entire experiment was 100 days. Vetiver batches were replaced every 20 days in
NV treatment resulting in five successive batch studies. Figure 1 and Table S2 present
the trend of average NTO reduction in both NV and NC treatments. At the end of the
100-day study, the average NTO concentration was reduced by 83.68 ± 0.43% (± SD) of its
initial concentration in NV treatments whereas only 5.0 ± 1.3% (± SD). NTO reduction was
estimated in NC treatments. For NV treatments, the NTO concentration reduced steadily
from the first to the fourth successive batches and eventually stayed steady from days
80–100 for the 5th batch of vetiver. Varying amounts of NTO were removed in the NV
treatments by successive batches of vetiver. While the first batch removed 22.73 ± 1.07%
(± SD) of the initial NTO, later batches removed 51.97 ± 0.56% (± SD), 68.9 ± 0.9% (± SD),
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83.22 ± 1.06% (± SD), and 83.68 ± 0.43% (± SD). NTO reduction was measured at the
end of the second, third, fourth, and fifth batches, respectively. No significant NTO re-
duction in NC treatments indicated that NTO reduction was caused by the vetiver plants.
Microbiological transformation of NTO to ATO to urea, CO2, and N2 has been reported
earlier [2,10,11]. For this study, no transformation products of NTO were detected in the
NTO-wastewater in NV treatments, indicating that NTO had been taken up by vetiver
over time. Previous studies showed that plants such as big bluestem (Andropogon gerardii),
Indiangrass (Sorghastrum nutans), and switchgrass (Panicum virgatum) uptake DNAN and
NQ as nitrogen sources and store them in their roots and shoots [29]. RDX bioaccumulates
in the edible parts of plants such as lettuce, tomatoes, and corn [30–38]. We previously
reported that vetiver is capable of taking up TNT from soil and water and degrading
it within its tissue [22,26]. A decrease in NTO concentration in NV treatments indicate
NTO uptake by vetiver. However, since the NTO-wastewater also contained high levels of
nitrate, it is not clear if the vetiver used NTO as a nitrogen source.
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Figure 1. Change in 3-nitro-1,2,4-triazol-5-one (NTO) concentration in NTO-wastewater during the 100 d experiment. New
batches of vetiver plants were introduced in NTO with plant (NV) treatments every 20 days. In control experiments (NC),
containers of NTO were maintained without vetiver plants. At the end of the 100-day study, the average NTO concentration
was reduced by 83.68 ± 0.43% (±SD) of its initial concentration in NV treatments, whereas only 5.0 ± 1.3% (±SD) NTO
reduction was estimated in NC treatments.

The presence of NTO in vetiver roots and shoots was detected in plants collected
from NV treatments. It was estimated that on average, vetiver shoots and roots contained
830.9 ± 95.1 (±SD) and 747.8 ± 73.5 mg/kg (±SD) NTO, respectively. The calculated
translocation factor (TF) for NTO in vetiver was 1.11, which indicated that vetiver translo-
cated NTO from root to shoot. The presence of NTO inside vetiver roots and shoots
indicated that NTO had been taken up by vetiver, and a translocation factor above 1
demonstrates that vetiver translocated NTO from its roots to its shoots. Many studies have
previously reported the translocation of explosives such as DNAN, NQ, TNT, and RDX
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by plants to their above-ground biomass [22,23,27,29,31]. This is the first study, to our
knowledge, to report the translocation of NTO in a plant.

Figure 2 presents the change in nitrate concentration in NTO-wastewater over time
for NV and NC treatments. For NV treatments, 37.26 ± 4.52% (±SD) reduction in nitrate
in the NTO-wastewater in comparison to its initial value was observed during this study.
Nitrogen is an essential nutrient for plant growth, and the reduction in nitrate in NV
treatments is due to its uptake by vetiver plants. In contrast, for the NC treatments, nitrate
concentration increased by 14.88 ± 3.34% (±SD) on average from its initial concentration
during the study. Nitrate efflux from plants is common and occurs in both stressed
and non-stressed plants. Efflux increased in plants that are subjected to mechanical or
transplantation stress or changes in the pH of the media [32].
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Figure 2. Change in nitrate concentration in NTO-wastewater during the 100 d experiment. New batches of vetiver plants
were introduced in NTO with plant (NV) treatments every 20 days. In control experiments (NC), containers of NTO were
maintained without vetiver plants. For NV treatments, 37.26 ± 4.52% (±SD) reduction in nitrate in the NTO-wastewater in
comparison to its initial value was observed during this study. In contrast, for the NC treatments, nitrate concentration
increased by 14.88 ± 3.34% (±SD) on average from its initial concentration during the study.

2.2. NTO Phytotoxicity Analysis

At the beginning of each successive batch study, vetiver plants were individually
weighed before introducing them to the experimental treatment, NV (vetiver grown in
NTO-wastewater). Each successive batch of plants introduced was of approximately the
same size and weight (21.1 ± 0.7 g (±SD)) as the previous batch. Figure 3A presents the
change in plant biomass over time. At the end of each successive batch, on average, vetiver
lost 16.07 ± 6.83% (±SD) of its initial biomass in NV treatments. It was observed that in
the first three successive batches, plant biomass loss was higher (22.01 ± 0.20% (±SD),
18.2 ± 0.6% (±SD), and 22.5 ± 0.5% (±SD), respectively). However, for the fourth and fifth
batches, the loss in biomass was much lower (8.59 ± 0.30% (±SD), and 9.03 ± 0.40% (±SD)
respectively). NTO concentration was reduced by 69–83% of its initial value when the last
two batches of plants were introduced, which might be within the tolerance range of NTO
for vetiver. From the loss in vetiver biomass in the NV samples, it is clear that NTO is
toxic to vetiver plants. Our results are similar to other studies on the effect of explosive
compounds on plants. Studies showed that the biomass of L. sativa was significantly
reduced by TNT at a concentration higher than 32 mg/kg [33]. Plant biomass was reduced
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by 40% and 70% at a TNT concentration of 100 and 1000 mg/kg in comparison to the
control, respectively. It was also reported that the growth of Morella cerifera was impacted
significantly at 30 and 100 mg/L TNT and RDX concentrations [34]. Other studies also
reported significant growth inhibition in smooth bromegrass (Bromus sp.), switchgrass
(Panicum virgatum), big bluestem (Andropogon geraldii), and blue grama (Bouteloua gracilis),
due to TNT toxicity [34–37].–
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Figure 3. Phytotoxicity of NTO on vetiver grown in NTO-wastewater. (A) Plant biomass, (B) chlorophyll content. Successive
batches of vetiver plants were introduced every 20 days. At the end of each successive batch, on average, vetiver lost
16.07 ± 6.83% (±SD) of its initial biomass in NV treatments. A significant loss in chlorophyll content was observed in
vetiver in NV treatments for all batches. An average chlorophyll reduction of 60.18 ± 18.79% (±SD) was noted for the four
successive batches.

Figure 3B presents the change in chlorophyll content of vetiver during the successive
batches for NV treatment (vetiver grown in NTO-wastewater). A significant loss in chloro-
phyll content was observed in vetiver in NV treatments for all batches. Signs of chlorosis
were visible in all the NV treatments. An average chlorophyll reduction of 60.18 ± 18.79%
(±SD) was noted for the four successive batches (data for the fourth batch were not ana-
lyzed). These results show that NTO is toxic to vetiver and impacts its chlorophyll content.
Other studies also reported significant chlorophyll loss in various plants due to TNT and
RDX toxicity [33,38].
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The metabolic profiles of vetiver shoot and root tissues exposed to NTO-wastewater
(NV treatments) were compared to control tissues of healthy vetiver grown in hydro-
ponic plant growth media (Figure 4). Control tissues showed statistically significant
differences in response when compared to treated shoot and root tissue in the PLS-DA
model (Figure 4A,B). The major pathways showing upregulation in shoot include (1) glyc-
erophospholipid (GLP) metabolism, (2) galactose metabolism, (3) linoleic acid metabolism,
and (4) sphingolipid metabolism (Figure 4A). In the root, the major pathways affected
include (1) pyrimidine and purine metabolism, (2) amino acid metabolism (cysteine
and methionine) (3) glycerophospholipid metabolism, and (4) linoleic acid metabolism.
Figure 4A,B show the significance of the major upregulated metabolites ranked using the
variable importance in projection (VIP) score (>1) from the PLS-DA model. The overall
metabolic response resembles the osmotic stress response generated by metal or salt stress
in plants. Enhancement of galactose and amino acid metabolism could serve to provide
osmoprotectants. An increase in lipid peroxidation and membrane damage is indicated by
the presence of high levels of phospholipids and linoleic acid. Glycerophospholipids are
generated as a result of osmotic stress caused by salt or dehydration [39–41]. They act as
signaling molecules that trigger several downstream effects that help plants respond to
stress. Large increases in the levels of various amino acids have been reported to combat
salt and metal stress in vetiver [32,33].

2.3. Plant Exudates Analysis

During the five successive batch studies, all NTO-wastewater-treated plants exuded
an unknown solid material at the junction of their root and shoot (Figure S1). The amounts
of plant exudates varied for the individual batches. The amounts of exudates showed
a decreasing trend from the first to the fifth batches. While the highest amount was
exuded in the second batch, very little exudation was seen in the fourth and fifth batches.
This result indicates that the exudation correlated with the level of NTO in the wastewater.
Halophytes excrete salts as well as metals from their salt glands or trichomes on leaves
when exposed to high salt or metal-containing media [34,41–43]. It was reported that as
much as 30%–50% of toxic compounds the plants take up are excreted as a detoxification
mechanism to protect sensitive photosynthetic tissue from damage [34,40]. Plant exudates
were collected and analyzed by SEM, electrospray ionization mass spectrometry (ESI-MS),
and FTIR, and the results were compared with pure NTO to decipher any similarities in
structure and composition between them.

2.4. Optical Microscopy and Scanning Electron Microscope (SEM) Analysis

Before performing the scanning electron microscope (SEM) imaging, plant exudates
were initially inspected under an optical microscope. An AmScope digital microscope
imaging camera was used to capture pictures under the optical microscope. Figure S2
presents the optical microscope image of plant exudates. Clear crystalline structures
can be seen in this picture. NTO is known to form an agglomeration of rod-like large
crystals once exposed to air [44], and our findings are in agreement with the earlier report.
Figure 5 represents the SEM image of pure solid NTO. Distinctive block-like structures
were visible when NTO particles were examined. To our knowledge, no earlier study has
reported an SEM image of pure NTO; hence, it was not possible to compare our result
with any other study. Figure 5 also presents the SEM image of plant exudates (dried
and ground). It is clear from the picture that the plant exudates were a mixture of many
different substances. No specific distinctive structural feature was found under the SEM to
identify the composition of this material. The presence of block-like structures was seen
under 1000× magnification, which showed that NTO is a part of the exudates.
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Figure 4. Metabolic profile of vetiver (A) shoot and (B) root grown in NTO-wastewater treatments
(NV) compared to control plants grown in a nutrient medium. GLP metabolism—glycerophospholipid
metabolism, Gal—galactose metabolism; Linoleic Acid—linoleic acid metabolism; SL metabolism—
sphingolipid metabolism.

2.5. Electrospray Ionization Mass Spectrometry (ESI-MS) Analysis

The ESI-MS analysis of NTO-containing wastewater and exudates was done both in
negative and positive mode. The mass to charge ratio (m/z) was calculated to identify
the peaks obtained from the samples. The literature showed that in the negative mode,
NTO appears at an m/z ratio of 129 Da [2]. Figure 6A presents the ESI-MS results of
both NTO-wastewater and plant exudates (dissolved in DI water) in the negative mode.
The NTO peak was recorded at an m/z ratio of 129 Da in both NTO-wastewater and plant
exudates under negative mode. This result shows that exudates contain NTO particles.
As ESI-MS is a qualitative tool, no measurement could be done to quantify the NTO.
Several peaks were found in both NTO-wastewater and plant exudate samples. As our
NTO-wastewater was an industrial sample, the presence of many other impurities was
recorded by ESI-MS spectra. Most of the peaks were found to be adducts of sodium
salts (sodium nitrate and sodium carbonate). Figure 6B shows the ESI-MS results of
NTO-wastewater and plant exudates in the positive mode. In the positive mode, peaks
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at m/z ratio of 23 Da and 39 Da position represent sodium and potassium, respectively,
which were present in both NTO-wastewater and plant exudates. Our results show that
NTO-wastewater contained 1.5 mg/L of total sodium (Na) throughout the study. So, it was
clear that sodium, present in the plant exudates, came from the wastewater media.

 

 

(A) 

(B) 

Figure 5. Scanning electron microscope (SEM) image of (A) pure NTO solid (5000×) and (B) plant
exudates (1000×). Distinctive block-like structures were visible when pure NTO particles were
examined. The presence of block-like structures was seen in plant exudates, which showed that NTO
is a part of the exudates.
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Figure 6. Electrospray ionization mass spectrometry (ESI-MS) analysis of NTO-wastewater and plant exudates at (A) nega-
tive mode and (B) positive mode. Both figures contain a blank (top), NTO-wastewater (middle), and plant exudates (bottom).
NTO peak was recorded at an m/z ratio of 129 Da in both NTO-wastewater and plant exudates under negative mode.

2.6. Fourier-Transform Infrared Spectroscopy (FTIR) Analysis

Figure 7A shows the FTIR spectra of pure NTO solids. Based on the chemical structure
of NTO, three distinct peaks can be expected from an NTO molecule: 1800–1600 cm−1 for
C=O, 1550–1500 cm−1, and 1372–1290 cm−1 for N-O bonds. These three distinct peaks
were observed in the pure NTO solids (Figure 7). Figure 7B shows a comparison of FTIR
spectra between pure NTO solids and plant exudates. The figure shows these three peaks
in plant exudates with a slight shift in position. Several studies have shown that the FTIR
peak shift can occur for various reasons, including specific molecular interactions, such as
hydrogen bonding, presence of water molecule in the chemical structure, and dipole–dipole
interactions [45,46]. Our analysis showed the presence of Na and Ca ions in the plant
exudates. The interaction of these co-existing ions with the original NTO molecules could
have attributed to the observed peak shift in the FTIR spectra. In addition, vetiver was
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grown in NTO wastewater and the interaction between NTO molecules and other ions
occurred in the hydroponic media, which might have resulted in the introduction of the
water molecule(s) in the structure, which might have resulted in the peak shift. FTIR
analysis also confirmed similarities in chemical structure between pure NTO and plant
exudates, which establishes the presence of NTO in plant exudates.
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derstanding this process would help in ‘mining’ the exuded metals, which would be an 

(B) 
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Figure 7. FTIR spectra of (A) pure NTO solid, and (B) both solid NTO and plant exudates. Peaks at 1800–1600 cm−1

(for C=O bonds), 1550–1500 cm−1, and 1372–1290 cm−1 (for N-O bonds) are distinct for NTO. All three distinct peaks were
also visible for plant exudates.

Salt-tolerant plant species have been reported to detoxify metals in their tissue by
phytoexcreting toxic metals through salt glands or trichomes on their leaves [42,43]. Un-
derstanding this process would help in ‘mining’ the exuded metals, which would be an
added benefit for phytoremediation applications. We report for the first time the extrusion
of a munition compound. Further studies are required to find out if the vetiver system
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could be used to recover and reuse NTO discarded in the waste stream of industrial
munition facilities.

3. Materials and Methods

3.1. Wastewater Characterization

NTO-wastewater and pure NTO solids were obtained from an industrial munition
facility in the US. The detailed characterization of NTO-wastewater was performed before
the study. The pH of the wastewater was measured using an PC 700 pH meter, Oakton,
Vernon Hills, IL, USA. HACH test kits, HACH Company, Loveland, CO, USA were used to
measure the total nitrogen (TN), ammonia-nitrogen (N-NH4

+), and total phosphorus (TP)
concentrations of the wastewater sample. Nitrate (NO3

−) and nitrite (NO2
−) concentrations

of the wastewater were measured using Dionex ion chromatography (IC) with IonPac AS16
(4 mm × 250 mm, Dionex, Thermo Fisher Scientific, Sunnyvale, CA, USA), equipped with
a guard column IonPac AG16 (4 mm×50 mm, Dionex, Thermo Fisher Scientific, Sunnyvale,
CA, USA). The total organic carbon (TOC) concentration of the wastewater sampled was
measured using a UV-Persulfate TOC Analyzer Phoenix 8000 (Teledyne Tekmar, Mason,
OH, USA). In addition, NTO-containing wastewater sample was analyzed for Na, Ca, K,
and Mg using an inductively coupled plasma optical emission spectrometry (ICP-OES, 5100
SVDV, Agilent Technologies, Santa Clara, CA, USA). NTO concentration in wastewater
samples was measured using a high-performance liquid chromatography (HPLC, Agilent
Technologies, Santa Clara, CA, USA, Infinity Series 1260, equipped with a ProStar 410
Auto-sampler and a DAD detector and coupled with a porous graphite column Hypercarb
7 ram, 100 × 4.6 mm). The flow rate of the mobile phase was at 1 mL/min with an isocratic
mixture of water: acetonitrile + 0.1% trifluoroacetic acid of 70:30 (v/v). The sample injection
volume was 35 µL. The analytical wavelengths were 215 nm. Under these conditions, NTO
elutes at 4.2 min. A calibration range from 1 to 50 mg/L was used for the analysis and
the wastewater samples were diluted as required. Dilution factors were considered while
calculating the final amount. A known quality check (QC) standard was inserted after
every 10 samples to validate the efficiency of the analytical procedure. All analyses were
done in triplicate.

3.2. Experimental Setup and Analyses

Vetiver grass (Chrysopogon zizanioides L.) was purchased from Agriflora Tropical,
Puerto Rico, USA. Plants were initially potted in garden soil and grown there for 30 days.
The plants were then placed in a hydroponic system in half-strength Hoagland’s solu-
tion for 14 days for acclimatization. After 14 days, the plants were removed from the
Hoagland’s solution, dried completely using paper towels, weighed, and used for the
experiment. The experiment was conducted in 1 L plastic bottles with a working volume
of 500 mL. Two different treatments were used: vetiver in NTO-wastewater (NV) (tripli-
cates), and NTO-wastewater without any vetiver plant (negative control, NC) (triplicates).
A 4% plant to solution ratio was maintained for each treatment. All vetiver plants were
trimmed from their shoots and roots in such a way that all of them were of approximately
the same size and weight. No plant growth nutrients were provided for NV treatments.
The 100-day-long experiment was conducted in five successive batch studies of 20 days
each. After every 20 days, the old batches of vetiver plants were replaced by new batches
of plants. Wastewater samples including all replicates were collected at the same time
from each of the bottles periodically. Before collecting the samples, each bottle was mixed
thoroughly by swirling so that a homogenous solution can be obtained inside the bottles.
Samples were collected by submerging the pipette in the liquid part of the bottles. Samples
were analyzed for their NTO concentration, and nitrate concentration. For each measure-
ment (NTO and nitrate concentration), samples were analyzed in triplicates, and analyzed
concentrations were compared in Microsoft Excel (version 2007) by calculating mean and
standard deviation values.
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Vetiver plants collected from NV treatments were also tested for NTO translocation
inside the vetiver’s body. Both vetiver roots and shoots were collected (in triplicates) at the
end of each successive batch and were analyzed separately to determine NTO concentration
in them. A 0.5 g sample (root and shoot) was initially ground to a powder with liquid
nitrogen. The powdered tissue was transferred to a tube and 5 mL of acetonitrile was added
to each sample. The tubes were kept on a tube rotator for 24 h. Subsequently, the samples
were filtered using a 0.45 µm syringe filter and were analyzed for NTO using HPLC. NTO
translocation inside the vetiver was measured by calculating the translocation factor (TF)
following the standard protocol [29,47]. The analyzed data were compared in Microsoft
Excel (version 2007) and mean and standard deviation values were calculated.

3.3. Phytotoxicity Analysis

At the end of every successive batch, phytotoxicity analysis was performed on the
plant samples (collected from NTO treatment, NV) by conducting a total chlorophyll study
and a plant biomass study. Total chlorophyll (as a combination of chlorophyll a and b)
extraction from the vetiver samples was performed following standard protocols [30,48],
and the absorbance was measured at 645 and 663 nm using a Cytation 3 microplate reader,
Biotek Instruments, Winooski, VT, USA. The weight of each plant was recorded before
and after each successive batch study. Before weighing the plants, the roots were dried
thoroughly with paper towels.

3.4. Plant Metabolomics Study

Vetiver samples were frozen in liquid nitrogen and were stored at −80◦C until the
metabolomics studies were performed. Metabolites were extracted according to a standard
protocol [40] with a few modifications adopted by the earlier published literature [48,49].
Ampicillin (0.5 mg/mL) was added as an internal standard before extraction. Methanol:
acetonitrile (50:50) with 0.125% formic acid was used as an extraction buffer. LC-MS/MS
analysis was performed on the extracted samples using an ABSciex Qtrap 5500 mass
spectrophotometer (Sciex, Framingham, MA, USA) equipped with a Turbo V electrospray
ionization (ESI) source, a Shimadzu LC-20A system, and a PAL CTC autosampler following
a standard protocol [33,49]. A total of 325 metabolites were targeted in multiple reaction
monitoring (MRM) mode. Two injections, one for negative mode (ESI−) and one for
positive mode (ESI+), were performed. The dwell time was set at 5 ms. Purified standards
were used to optimize the compound-specific MS/MS parameters. Peaks were manually
reviewed, and the peak area of each metabolite was intergraded through Multiquant v3.0
(Sciex). All data processing was done following standard protocol 3450. MetaboAnalyst 2.0
(http://www.metaboanalyst.ca) was used for all statistical analyses. Partial least-squares
discriminant analysis (PLS-DA) was chosen for multivariate analysis. A VIP score >1.5 was
considered as significant.

3.5. Plant Exudates Analysis

In all the successive batches, it was observed that vetivers grown in NTO-wastewater
treatments exuded substances from their shoots, which eventually deposited at the junction
of the plant’s roots and shoots (Figure S1). During the first successive batch study, the plants
exuded the material starting from the fifth day of the experiment. For different batches,
the amount of total exuded material varied. Plants exuded the highest amount of material
in the second batch of the study. The rate of exuded material subsequently decreased, and a
very small amount was collected during the fourth and fifth batches of the study.

At the end of every successive batch study, plant exudates were carefully scraped
off the plant surface and properly stored. The weight of the collected solids from every
treatment was measured and noted. Special attention was given during the collection
process so that no plant shoot part was scraped off with the exudates.

Plant exudates were completely dried and used for further analysis. Initially, plant
exudates were inspected under an optical microscope. An AmScope digital microscope
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imaging camera (AmScope, Irvine, CA, USA) was used to capture pictures under the
optical microscope. As many researchers reported that electron microscopy is a good tool
to check the purity and morphology of the energetic compounds, the microscopy scans were
performed on both exuded solids and pure NTO solids using a field-emission scanning
electron microscope Auriga 40 (ZEISS) (SEM, LEO DSM 982, LEO Electron Microscopy,
Thornwood, NY, USA).

Electrospray ionization mass spectrometry (ESI-MS) analysis was also performed
on both plant exudates (collected from the first two batches of successive batch studies)
and NTO-wastewater (obtained from the industrial facility) using a Micromass Quattro
Ultima mass spectrometer (Waters Micromass, Manchester, UK) equipped with an electro-
spray ion source. Many researchers reported that ESI-MS is a reliable qualitative tool to
reflect solution-phase structures [50,51]. The ESI-MS comparison of both plant exudates
and NTO-containing wastewater was performed to find similarities in chemical structures
between these two samples. All analyses were done in triplicates.

Fourier-transform infrared spectroscopy (FTIR) of both plant exudates and pure NTO
solids was performed using a Nicolet iS50 FT-IR (Thermo Scientific, Waltham, MA, USA).
Both solids were ground to prepare finer particles using a mortar pestle. As plant exudates
were moist initially, they were dried in an oven (60 ◦C for 2 h) before use for FTIR analysis.
All analyses were done in triplicates.

4. Conclusions

We evaluated the potential of using vetiver grass to remove NTO from wastewater
collected from a munition manufacturing facility. In addition to a high concentration
of NTO, the wastewater also contained a high concentration of nitrate. The wastewater
was treated with five successive batches of vetiver hydroponically, and the batches were
replaced every 20 days. The average NTO concentration decreased by 84% in 100 days.
In control tanks without vetiver, the reduction was about 5% during the same period.
NTO was detected in root and shoot tissues of vetiver, and high translocation from root
to shoot was observed. The vetiver plants showed toxicity symptoms such as a reduction
in biomass and a decline in chlorophyll when exposed to NTO. Metabolomic studies
indicated an increase in lipid peroxidation, membrane damage, and osmotic stress in
vetiver exposed to NTO. During the batch studies, NTO-treated plants produced an exudate
at the junction of root and shoot. The amounts of exudates showed a decreasing trend from
the first to the fifth batches. While the highest amount was exuded in the second batch,
very little exudation was seen in the fourth and fifth batches, as NTO levels declined. SEM,
ESI-MS, and FTIR spectroscopic analysis confirmed the presence of NTO crystals in the
plant exudates, indicating vetiver exudation of NTO as a mechanism to relieve stress in
vetiver. Further studies are needed to understand whether any plant or microorganism-
mediated biotransformation or degradation of NTO occurs in vetiver. Further studies
are also needed to test the feasibility of this technology in large-scale applications under
controlled greenhouse environments. If proven feasible in scaled-up settings, existing NTO
wastewater holding tanks can be retrofitted with floating treatment platforms of vetiver.
At regular intervals, vetiver biomass can be removed and incinerated under controlled
conditions. A significant reduction in the total amount of energetics waste is possible by
applying this technology at an expense that is much lower than conventional hazardous
waste treatment technologies.

Supplementary Materials: The following are available online, Table S1: Relevant chemical properties
of NTO. Table S2: Change in NTO concentration in NTO-wastewater during the 100-d experiment in
vetiver grown in NTO-wastewater. Figure S1: Plant exudates deposited at the junction of vetiver
root and shoot. Figure S2: Plant exudates under optical microscope. Photos show the presence of
crystalline structures that correspond to NTO.
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Abstract: In this work, lignin fractionation is proposed as an effective approach to reduce
the heterogeneity of lignin and improve the adsorption and recycle performances of lignin as
a cationic dye adsorbent. By stepwise dissolution of enzymatic hydrolysis lignin in 95% and 80%
ethanol solutions, three lignin subdivisions (95% ethanol-soluble subdivision, 80% ethanol-soluble
subdivision, and 80% ethanol-insoluble subdivision) were obtained. The three lignin subdivisions
were characterized by gel permeation chromatography (GPC), FTIR, 2D-NMR and scanning electron
microscopy (SEM), and their adsorption capacities for methylene blue were compared. The results
showed that the 80% ethanol-insoluble subdivision exhibited the highest adsorption capacity and its
value (396.85 mg/g) was over 0.4 times higher than that of the unfractionated lignin (281.54 mg/g).
The increased adsorption capacity was caused by the enhancement of both specific surface area
and negative Zeta potential. The maximum monolayer adsorption capacity of 80% ethanol-insoluble
subdivision by adsorption kinetics and isotherm studies was found to be 431.1 mg/g, which was
much higher than most of reported lignin-based adsorbents. Moreover, the 80% ethanol-insoluble
subdivision had much higher regeneration yield (over 90% after 5 recycles) compared with the other
two subdivisions. Consequently, the proposed fractionation method is proved to be a novel
and efficient non-chemical modification approach that significantly improves adsorption capacity
and recyclability of lignin.

Keywords: enzymatic hydrolysis lignin; sequential dissolution fractionation; methylene blue
adsorption capacity

1. Introduction

Nowadays, synthetic organic dyes are widely applied in various industries, such as printing,
paper, textile, electroplating, pulp mill, food and cosmetic productions [1]. During the dyeing
process, 10–15% of dye is discharged in the effluent [2,3], which not only creates an aesthetic nuisance
to the environment but also increases the overall loading of chemical oxygen demand (COD) in
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the receiving water. In order to remove dyes from industrial effluents, numerous technologies have
been developed, such as adsorption [4,5], coagulation [6], chemical oxidation [7], photocatalytic
degradation [8] and biological treatment [2]. Among them, adsorption has been preferred owing to
its low operation cost and high efficiency [4,9]. Various kinds of adsorbents have been reported for
dyes removing from water effluent, such as activated carbon [10,11], bentonite [12], and synthesized
polymers [13]. Currently, there are increasing interests in utilizing biomass derived materials as a dye
adsorbent due to their benign properties, such as acceptable specific strength, low cost, no health risk
and sustainability [9,14].

Lignin, as the dominant aromatic component of lignocellulosic biomass, has attracted considerable
attention in the pollutant adsorption field since it contains a number of functional groups (e.g., phenolic
hydroxyl and carboxyl) that serve as potential active sites for adsorption [15–19]. Owing to the negative
charge of these functional groups in water environment, unmodified lignin possesses preferable
adsorption ability for cationic dyes [16,20–22]. Zhang et al. investigated the methylene blue adsorption
by organosolv lignin from rice straw and found that the adsorption capacity was 40.02 mg/g at 20 ◦C,
which was comparable with other lignocellulose adsorbents [23]. Menkiti et al. utilized alkaline lignin
extracted from elephant grass to remove aqueous crystal violet dye and their results indicated that
the crystal violet uptake capacity of lignin was about 25.0 mg/g at 30 ◦C [24]. Feng et al. analyzed
the methylene blue removal behaviors of deacetylated lignin from acetic acid pulping of eucalyptus
and suggested that the modification and isolation processes of lignin could improve the adsorption
ability from 18.2 to 63.3 mg/g owing to the enhanced contents of phenolic hydroxyl and carboxylic
groups [22].

However, lignin is a typically heterogeneous biopolymer and the heterogeneity of lignin leads to
its inhomogeneous properties [25], which may also involve the adsorption capacities. Although many
efforts have been dedicated to the study of different sources/types of lignin as potential absorbents for
removal of cationic dyes from wastewater, until now, no attempts to explore the effect of heterogeneity
of one particular lignin sample on its dye adsorption capacity has been reported. It is known that lignin
fractionation is a simple but efficient process to decrease the lignin inhomogeneity by subdividing
the heterogeneous lignin into different fractions (subdivisions), which show obviously reduced
heterogeneity in both molecular weight and chemical structure [26]. Thus, the effect of heterogeneity
on lignin adsorption performance can be then investigated by comparing the adsorption performances
of the subdivisions obtained from lignin fractionation.

In this work, enzymatic hydrolysis lignin (EHL), a main byproduct from cellulosic ethanol
production, was fractionated into three subdivisions by stepwise dissolution in 95% and 80% ethanol
solvents. The effect of lignin heterogeneity on its dye adsorption capacity was investigated by a
comparison of the methylene blue (MB, a typical cationic dye pollutant) adsorption capacities of the three
obtained lignin subdivisions. Interestingly, it was found that the three lignin subdivisions exhibited
remarkably different adsorption capacities under the optimized conditions (e.g., pH, adsorbent dosage,
temperature and time) and the 80% ethanol-insoluble subdivision had much higher adsorption capacity
than the other two subdivisions. Moreover, the specific surface area and the Zeta potential of the three
lignin subdivisions were measured to analyze the possible formation mechanism of different adsorption
capacities among the three subdivisions. With respect to the recyclability study, the MB loaded lignin
adsorbents were regenerated using a common ethanol washing process and afterwards reused for MB
removal from a fresh solution.

2. Results and Discussion

2.1. Lignin Fractionation by Stepwise Dissolution

By stepwise dissolution in 95% and 80% ethanol solvents, the enzymatic hydrolysis lignin (EHL)
was fractionated into three subdivisions (Figure 1a), namely, 95% ethanol soluble subdivision (S1), 80%
ethanol soluble subdivision (S2), and 80% ethanol insoluble subdivision (S3). The yields of the three
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lignin subdivisions were 22.87%, 27.803% and 45.34%, respectively (Table 1). As shown in Figure 1a,
the color of the lignin subdivisions was varied, which turned from light brown (S1), to dark brown (S2),
and finally to black (S3, Figure 1a). The molecular weight of the three subdivisions increased from
S1 to S3 (Figure 1b) and all the three subdivisions exhibited reduced polydispersity compared with
the original EHL (Table 1). These results suggest that the fractionation method using sequential
dissolution in 95% and 80% ethanol realizes the separation of different molecular weight lignin
subdivisions from the heterogeneous EHL. The fractionation rationale lies in the different solubility of
lignin subdivisions with different molecular weights in the selective ethanol/water solvents [25].
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Figure 1. (a) Procedure for stepwise ethanol-water fractionation of enzymatic hydrolysis lignin (EHL),
inset: pictures of S1, S2, S3, and EHL; (b) Molecular weight distributions of S1, S2, S3, and EHL; (c) FTIR
spectra of S1, S2, S3, and EHL.

Table 1. Yield, molecular weight distribution, specific surface area and Zeta potential of lignin
subdivisions, as well as those of enzymatic hydrolysis lignin (EHL).

S1 S2 S3 EHL (S1 + S2 + S3)

Yield (%) 22.87 27.80 45.34 -
Mw 4050 6270 12230 7280
Mn 2238 3800 7194 3569

Polydispersity 1.81 1.65 1.70 2.04
Specific surface area 2.44 4.06 4.84 2.89

Zeta potential 1 −19.31 ± 1.63 −28.69 ± 2.29 −35.24 ± 3.08 −24.71 ± 1.77
1 Detected at pH 6.0.

The FTIR spectra of EHL and its three subdivisions basically conformed to the typical absorption
bands of lignin (Figure 1c). The broad band at 3405 cm−1 was assigned to the stretching of hydroxyl
and the signal at 2935 cm−1 was attributed to C-H stretching vibration from methyl and methane [25,27].
Three sharp peaks observed at 1600, 1512 and 1422 cm−1 were caused by the aromatic skeleton vibrations,
indicating the primary structure of lignin [28]. The bands at 1221 and 1124 cm−1 reflected syringyl
structures in lignin, while the band at 1262 cm−1 was associated with guaiacyl units. One obvious
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difference among the three subdivisions was that the S1 had much higher absorption intensity at
1694 cm−1 compared to those noticed in the other two subdivisions. The signal at 1694 cm−1 was
assigned to the unconjugated β-ketone in the side chain of lignin unit, which was principally formed
by the breakage of the β-O-4 bond during the steam explosion process [28]. Thus, the results indicate
that the depolymerized lignin produced during the steam explosion process is enriched in S1, which
agree well with the results from molecular weight analysis.

2D-NMR analysis was also conducted to acquire a more detailed understanding of the chemical
structure of the three lignin subdivisions (Figure 2). In the side chain region (δC/δH 50−90/2.6−5.8), three
typical interunit linkages, includingβ-O-4′ structure (A), pinoresinol structure (B), and dibenzodioxocin
structure (C), were identified [29,30]. It was found that the signal intensities for aryl ester linkage
(β-O-4′ structure, A) were stronger for S2 and S3 while the C-C bonding (structure B and C) signals
were more noticeable in S1. This phenomena could be explained by the fact that it is relatively easier to
break the aryl ester linkage during the steam explosion pretreatment [31–33] and the extraction process
using NaOH aqueous solution [34]. Thus, the degraded lignin with low-molecular-weight lignin (S1)
exhibited a lower amount of β-O-4′ aryl ester linkage. The aromatic region in the 2D-HSQC spectra
exhibited obvious guaiacyl (G), syringyl (S), and p-hydroxyphenyl (H) rings, suggesting that the lignin
used in this work was a GSH-type lignin. Additionally, the phenolic acid signals were much more
evident in S1 (Figure 2). This result supports the previously reported findings that the phenolic acids
are enriched in the low-molecular-weight subdivision since they show good solubility in 95% ethanol
solution [25].
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Figure 2. Side-chain (a−c) and aromatic regions (d−f) of 2D-NMR (HSQC) spectra of three
lignin subdivisions (S1: a and d; S2: b and e; S3: c and f). Main substructures identified: (A)
β-O-4′ aryl ether linkage; (B) phenyl-coumaran structure formed by β-5′ and α-O-4′ linkages; (C)
dibenzodioxocin structure; (G) guaiacyl unit; (S) syringyl unit; (H) p-hydroxyphenyl unit; (F) ferulic
acid; (P) p-coumaric acid.
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The surface morphology of the three lignin subdivisions as well as the parent EHL is presented
in Figure 3. It was observed that the particles of EHL, S1, and S2 were large in size with smooth
surface and sharp edges. Nair et al. observed the microcosmic surface of alkaline lignin using SEM
and they also found that the alkali lignin particles were larger in size with sharp edges and lesser
surface roughness [35]. However, S3 exhibited visibly decreased particle size and enhanced surface
roughness. This result can be explained by the preparation processes of the lignin samples. EHL,
S1 and S2 were prepared by precipitation from lignin solution using pH adjusting or solvent evaporation
(Sections 3.2 and 3.3). This precipitation processes resulted in the aggregation of small lignin particles
and the formation of large lignin particles with a smooth surface. However, the S3 was obtained from
EHL after sequential dissolution of EHL in 95% and 80% ethanol solutions. The dissolution of low
molecular weight lignin (S1 and S2) resulted in the formation of a porous structure on the lignin particle
and even the fragmenting of lignin particles, which increased the surface roughness and decreased
the particle size (Figure 3e).
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Figure 3. Scanning electron microscopy (SEM) images of EHL (a), S1 (b), S2 (c), and S3 (d). The scale
bar for the SEM images is 5 µm. Schematic showing morphological changes from EHL particles to
the 80% ethanol insoluble subdivision (S3) particles (e).
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Due to the increase of the surface roughness and the decrease of particle size, the specific surface
area of S3 (4.84 m2/g) was the highest among the four lignin samples, which increased 67.57% compared
with the parent EHL (2.89 m2/g, Table 1). The specific surface area of EHL was slightly higher than
those of alkali lignin [35] and kraft lignin [36], probably due to the reduced particle size after grinding.
The increased specific surface area of S3 contributes to the high adsorption capacity of MB molecules
compared with the other two subdivisions. Besides, the Zeta potential of lignin particles, which is
critical for the adsorption based on the electrostatic attraction, was also determined (Table 1). All lignin
particles exhibited negative charges on their surface owing to the deprotonation of acidic groups
(e.g., phenolic OH and COOH) in lignin molecule. Among the three lignin subdivisions, S3 had
the highest negative charge (−35.24 mv) on its surface followed by S2 (−28.69 mv) while S1 had
the lowest negative charge (−19.31 mv). These results can be explained by the larger specific surface
area of S3, which results in more active sites (deprotonated groups) and higher negative charges [37,38].
The large negative charge of S3 increases the electrostatic attraction of cationic MB on the particle
surface and the MB adsorption capacity.

2.2. Adsorption Capacities of Lignin Subdivisions

Batch experiments were performed in order to assess the performance of the three lignin
subdivisions as absorbents for MB removal from simulated wastewater. Figure 4a shows the effect of
initial MB concentration on the adsorption ability of the three lignin samples as well as the parent EHL.
At low MB concentrations (100 mg/L), all lignin samples could adsorb MB completely, resulting in
the same adsorption capacity (about 100 mg/g) and almost 100% removal efficiency. When the MB
concentration was increased to 200 mg/L, S1 showed the lowest MB adsorption capacity (117.39 mg/g)
among the three lignin subdivisions. Besides, the MB adsorption capacities of S2 and S3 were almost
the same since both of them removed all MB in the solution. Once the MB concentration further
increased to 300 mg/L, only S3 was able to realize the complete removal of MB from the aqueous
solution while the adsorption capacity of S2 was 240.13 mg/g. These results indicate that the three lignin
subdivisions show different MB adsorption capacities: S3 has the highest adsorption capacity, followed
by S2, while S1 has the lowest adsorption capacity. This result is possibly caused by the high specific
surface area and high Zeta potential of S3 particles, as presented in Section 2.1. The further increase
of MB concentration up to 400 mg/L and the adsorption capacities of all the three lignin samples
increased due to the enhanced mass transfer driving force [15]. At this concentration (400 mg/L),
the MB removal efficiency of S3 was 81.46%, suggesting the achievement of saturation adsorption.
Thus, MB concentration of 400 mg/L was chosen for further adsorption experiments in this study in
order to avoid the insufficient adsorption of MB.

Generally, the solution pH is critical to the charge distribution of the adsorbent and the adsorbate,
which determines the electrostatic or molecular interactions between the absorbent and the adsorbate
and accordingly, the adsorption capacity [35,39]. The effect of solution pH on the MB adsorption
capacity of the lignin samples is presented in Figure 4b. It was found that the solution pH had a
considerable impact on MB adsorption of the lignin samples. The MB adsorption capacity of lignin
samples increased distinctly with the increasing of the pH value from 4.0 to 8.0, while decreased with
the further rise of the pH to 9.0. These results can be explained by the fact that with the increasing of
the solution pH from 4.0 to 8.0, more phenolic OH and COOH groups are deprotonated [23]. Thus,
the negative charge on the surface of lignin particles increases and, therefore, the MB adsorption
amount enhances. However, the further increase of pH to 9.0 may result in the partial dissolution of
lignin, which reduces the adsorption capacity of the lignin sample.

It was also found from Figure 4b that S3 exhibited the highest adsorption capacity and MB
removal efficiency among the three subdivisions at all pH values. The effect of adsorption temperature
and contacting time on the MB adsorption capacity of EHL and its three subdivisions were also
investigated (Figure 4c,d). Elevating the temperature (30 ◦C to 50 ◦C) and prolonging the adsorption
time (0.5 to 4 h) were helpful to increase MB adsorption capacity of lignin samples. As expected,
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under all conditions in Figure 4c,d, S3 exhibited the highest adsorption capacity and MB removal
efficiency among the three investigated adsorbents. After optimization of the adsorption conditions
(lignin concentration 1000 mg/L, MB concentration 400 mg/L, pH 8.0, temperature 50 ◦C and time
120 min), the maximum adsorption capacity and removal efficiency of S3 were found to be 396.85 mg/g
and 99.21%, respectively. At this condition, the adsorption capacity of S3 increased about 41% compared
with the parent EHL (adsorption capacity 281.54 mg/g), which means that the simple fractionation
process of EHL is an efficient route to obtain a lignin subdivision with a significantly enhanced MB
adsorption capacity.
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Figure 4. Methylene blue (MB) adsorption on EHL and its three subdivisions: (a) effect of
MB concentration on adsorption capacity and removal efficiency (lignin concentration 1000 mg/L,
temperature 50 ◦C, time 120 min, and pH value 4.0); (b) effect of pH (lignin concentration 1000 mg/L,
MB concentration 400 mg/mL, temperature 50 ◦C and time 120 min); (c) effect of temperature (lignin
concentration 1000 mg/L, MB concentration 400 mg/L, time 120 min, and pH value 4.0); (d) effect of time
(lignin concentration 1000 mg/L, MB concentration 400 mg/L, pH value 4.0, and temperature 50 ◦C).

The surface morphologies of S3 particles and MB adsorbed S3 particles were compared (shown in
Figure S1). It was found that the MB-loaded S3 particles exhibited bigger particle size compared with
the original S3 particles. The morphological change of S3 particles after adsorbing MB is possibly due
to the aggregation of S3 particles. During the adsorption, the cationic MB interacts with the negatively
charged S3 particles and neutralizes the charge on the particle surface, which results in the aggregation
of lignin particles. The EDS chemical analyses of S3 before and after MB adsorption were also analyzed
and shown in Figure S1. The trace Na and Cl detected from the EDS of S3 possibly originated from
the lignin isolation process that used NaOH solution to extract lignin from EHR and precipitates
lignin by the addition of HCl. The EDS spectra of MB-adsorbed S3 showed the existence of N and S
elements, which clearly demonstrates the adsorption of MB by the lignin particles. In order to confirm
the adsorption of MB by other lignin samples, their EDS spectra were also recorded (Figure S2)
and the element compositions based on the EDS spectra after normalization were tabulated as seen in
Table S1. The highest contents of N and S elements on the surface of S3 particles further confirmed
the best adsorption performance of S3.
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2.3. Adsorption Kinetics and Isotherms Studies

The adsorption kinetics of MB on S3 at different temperatures are presented in Figure 5a.
The adsorption amount enhanced sharply at the first 10 min, then increased slowly and later tended
to stabilize after 120 min. The kinetic coefficients of pseudo-first-order and pseudo-second-order
models are listed in Table 2. It was observed that the calculated equilibrium adsorption capacities (Qe)
from pseudo-second-order kinetics were closer to the experimental values at different temperatures.
Moreover, R2 values obtained from the pseudo-second-order model were higher compared with
those from the pseudo-first-order model. These results suggested that the MB adsorption on S3 took
place according to the pseudo-second-order model, which agreed with the previous studies [22,23].
The overall rate of adsorption process is controlled by the chemical adsorption involving charge
interaction between MB and S3 [23].
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Figure 5. (a) Adsorption kinetics of MB on S3 (MB: 400 mg/L, 120 mL; adsorbent dose: 0.1 g;
pH: 8) and the non-linear fitting curves using pseudo-first-order and pseudo-second-order models.
(b) Adsorption isotherms of MB on S3 (adsorbent dose: 1 mg/mL, 10 mL; pH: 8; contact time 120 min)
and the non-linear fitting curves using Freundlich and Langmuir models.

Table 2. Kinetic and isotherm parameters for adsorption of methylene blue on 80% ethanol insoluble
subdivision (S3).

Kinetic
parameters

T (◦C) Qe (mg/g)

Pseudo-First-Order Kinetics Pseudo-Second-Order Kinetics

K1 (min−1) Q1 (mg/g) R2 K2*10−4

(g*mg−1
*min−1)

Q2 (mg/g) R2

30 337.7 0.18 312.5 0.966 9.3 331.1 0.994
40 395.1 0.21 372.0 0.952 9.7 392.5 0.989
50 418.9 0.35 406.9 0.987 20.2 420.1 0.999

Isotherm
parameters

T (◦C)
Freundlich Constant Langmuir Constant

n KF R2 b (L/mg) Qm (mg/g) R2

30 11.8 205.4 0.972 0.13 341.0 0.931
40 9.5 225.6 0.916 0.16 408.5 0.969
50 11.0 260.8 0.858 0.29 431.1 0.979

The MB adsorption isotherms on S3 at various temperatures are shown in Figure 5b.
The equilibrium adsorption amount Qe enhanced with the increasing of MB equilibrium concentration
Ce in solution. The curves of the adsorption isotherms fitted by Freundlich and Langmuir models are
also presented in Figure 5b and the fitting parameters of the Freundlich and Langmuir equations are
listed in Table 2. By comparing the correlation coefficients (R2), it was found that the adsorption was
better described by the Langmuir model compared to the Freundlich model. Besides, the Langmuir
constant values of Qm matched very well to the experimental values (Table 2). Therefore, these results
suggested that the adsorption of MB on S3 was a monolayer adsorption. Zhang et al. obtained similar
results when they used organosolv lignin from rice straw to remove MB from aqueous solutions [23].
The maximum monolayer adsorption capacity of S3 was found to be 431.1 mg/g, which was much
higher than those of most bio-absorbents from lignin and lignin-contained biomass (Table 3). Moreover,
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it is notable that the MB adsorption capacity of S3 is comparable to those of biomass derived activated
carbons (Table 3). Thus, the result indicates that the S3 obtained through the simple fractionation
approach has a similar MB adsorption capacity as the biomass derived activated carbons prepared
using a thermochemical modification process [40,41].

Table 3. The maximum monolayer adsorption (Qm) of methylene blue onto various adsorbents.

Adsorbents Adsorption Capacity (mg/g) References

80% insoluble subdivision of EHL (corn stalk) 431.1 This work
Deacetylated acetic acid lignin (eucalyptus) 63.3 [22]

Organosolv lignin (rice straw) 40.0 [23]
Formic lignin (sugar cane bagasse) 34.2 [42]

Fe3O4@lignosulfonate/phenolic microsphere 292.6 [43]
Straw based adsorbents 274.7 [44]

Swede rape straw 246.4 [45]
Bamboo-based activated carbon 454.2 [46]

cork waste-based activated carbon 350.0 [40]
Coconut husk-based activated carbon 434.8 [41]

2.4. Recycling Studies

To evaluate the adsorbent recyclability, the used lignin adsorbents including the EHL and its three
subdivisions, were regenerated by washing with ethanol and then reused to adsorb MB. The recoveries
of the four lignin adsorbents are presented in Figure 6a. The S1 recovery after ethanol washing was
only 5.36%. This was because S1 is the soluble fraction of EHL in 95% ethanol, and after ethanol
washing, most of S1 dissolves. Similarly, S2 also exhibited a low recovery since it was soluble in
80% ethanol. Compared with S1 and S2, S3 had much higher recovery (over 90% after 5 recycles)
due to its insolubility in both 95% and 80% ethanol solutions. The recovered S3 was then reused for
up to six operation cycles and the corresponding MB adsorption capacities are shown in Figure 6b.
Although the adsorption capacity of regenerated S3 was slightly decreased, it still exhibited over 75%
of the original adsorption capacity after 5 cycles of regeneration. These results indicate that S3 exhibits
satisfactory recycling performance via ethanol washing regeneration, showing excellent potential in
practical applications.
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Figure 6. (a) Recovery of lignin adsorbents (S1, S2, S3, and EHL) under different recycle times;
(b) adsorption capacities of S3 under different recycle times.

3. Materials and Methods

3.1. Material

Enzymatic hydrolysis residue (EHR) was kindly supplied by Songyuan Laihe Chemical Co. Ltd.
(Jilin, China). The enzymatic hydrolysis (cellulase loading 30 U/g, temperature 50 ◦C and time 48 h)
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was carried out using steam exploded corn stalk (steam pressure 1.5 MPa and treatment time 5 min) as
the raw material [28]. All laboratory reagents used in this work were analytically pure.

3.2. Isolation of Enzymatic Hydrolysis Lignin from Enzymatic Hydrolysis Residue

The isolation of EHL from EHR was based on alkaline extraction followed by acid precipitation [28].
Specifically, 20.0 g of EHR was added to 400 mL of 1% NaOH (w/v) solution and then the mixture
was heated at 80 ◦C for 2 h with mechanical stirring (120 rpm). After alkaline extraction, the liquid
and solid fractions were separated by a centrifugation at 5000 rpm for 10 min. The lignin extracted
liquor (supernatant) was obtained and then adjusted to pH 2.0 using diluted HCl (1 mol/L) with
vigorous agitation at ambient temperature. The precipitated EHL was then obtained by centrifugation
(6000 rpm, 5 min) and washed three times with 400 mL distilled water. Afterward, the cleaned EHL
was dried at 55 ◦C for 12 h using a vacuum oven (VOS-30A, STIK, Shanghai, China) and ground by a
mortar to pass through a 120-mesh sieve.

3.3. Fractionation of Enzymatic Hydrolysis Lignin

The EHL was subdivided by stepwise dissolution in 95% and 80% ethanol solvents to obtain three
lignin subdivisions according to the previous study [25]. Briefly, 5.0 g of EHL was added into 250 mL of
95% ethanol solution (ethanol/ethanol+water, v/v) and the mixture was stirred mechanically at 200 rpm
for 10 min at ambient temperature. Afterward, the mixture was centrifuged at 6000 rpm for 10 min to
obtain the supernatant (S1) and the insoluble lignin. The insoluble lignin was subsequently added
in 250 mL of 80% ethanol solution (ethanol/ethanol+water, v/v). After stirring at 200 rpm for 10 min,
the mixture was centrifuged at 5000 rpm for 5 min to obtain the supernatant (S2) and the insoluble
lignin subdivision (S3). The S1 and S2, dissolved in 95% and 80% ethanol solutions, respectively,
were recovered by vacuum rotary evaporation. All three subdivisions were further dried in a vacuum
oven at 55 ◦C for 12 h and ground by a mortar to pass through a 120-mesh sieve.

3.4. Characterization of EHL and Lignin Subdivisions

Molecular weight distribution was measured by gel permeation chromatography (GPC) using
a hydrophilic gel column (TSK G3000PWxl column, Tosoh Co., Tokyo, Japan).) [25]. The lignin
samples were dissolved into 1% NaOH solution and diluted in tris-acetate buffer (20 mmol/L, pH 7.4).
The column was operated at 25 ◦C and eluted with tris-acetate buffer (20 mmol/L, pH 7.4) at a
flow rate of 0.5 mL/min. FTIR spectra were acquired using the KBr technique through a FTIR
spectrophotometer (FTIR-650, Gangdong Sci. & Tech. Tianjin, China) [28]. The samples were firstly
mixed with KBr by a ratio of 1:100 (sample to KBr, w/w), and the mixture was then ground in an
agate mortar and compressed to obtain the KBr disc for FTIR determination. The wavenumber
region was between 4000 and 400 cm−1 with a resolution of 4 cm−1 and 20 scans were recorded.
Zeta potential and particle size distribution of lignin samples were analyzed by dynamic light scattering
measurement (Malvern Instruments Ltd., Malvern, UK). Here, lignin solutions were prepared with
an identical concentration and adjusted to the same pH value for Zeta potential and particle size
determination. The specific surface area of lignin samples was measured through N2 adsorption
using a specific surface area analysis instrument (Quantachrome Autosorb-IQ, Boynton, FL, USA)
at a liquid nitrogen temperature [43]. The morphology of lignin adsorbents was observed using
Scanning electron microscopy (SEM) measurements (SHIMADZU SSX-550, Kyoto, Japan), combined
with Energy-dispersive X-ray spectroscope (EDS) for the determination of chemical compositions
of lignin adsorbents before and after the adsorption. Before the analysis, a small amount of lignin
samples was evenly spread on the conductive adhesive and a thin gold coating was deposited onto
the uniformly.
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3.5. Batch experiments for Methylene Blue Adsorption

MB Adsorption experiments from aqueous solutions by the lignin samples (S1, S2, S3, and EHL)
were carried out in triplicate using 50 mL Erlenmeyer flasks containing 10 mL of MB solution with
different initial concentrations (C0, 100–400 mg/L). The pH of the MB solution ranging from 2.0 to
9.0 was adjusted by adding 0.1 M NaOH and 0.1 M HCl solutions. Lignin sample with a fixed
amount was added into the MB solution and the mixture was shaken in a thermostatic shaking
incubator (120 rpm) at predetermined temperatures. After adsorption, the mixture was centrifuged at
5000 rpm for 5 min to collect the lignin adsorbent from the MB aqueous solution. The residual MB in
the solution was measured using a UV-visible Spectrophotometer (Shimadzu UV-2500, 664 nm, Kyoto,
Japan) [43]. The adsorption capacity (Qt) and percentage of MB removal (E) were obtained according
to Equations (1) and (2), respectively [47]:

Qt(mg/g) =
(C0 −Ct)V

m
(1)

E(%) =
(C0 −Ct)

C0
× 100 (2)

where C0 is the initial MB concentration (mg/L) and Ct is the MB concentration in mg/L at time t (min),
m is the weight of lignin adsorbent in g, and V is the volume of the MB solution in L.

3.6. Adsorption Kinetics and Isotherms

The kinetics of the MB adsorption process by the 80% ethanol insoluble subdivision (S3)
was studied by contacting 120 mL 400 mg/L MB solution (pH 8.0) with 100 mg lignin at 30, 40
and 50 ◦C. The pseudo-first and second-order models were employed to simulate the adsorption
kinetics and the equations were represented as the following [48]:

Pseudo-first-order models:
Qt = Qe(1− exp−k1t) (3)

Pseudo-second-order models:

Qt =
k2Qe

2t

1 + k2Qet
(4)

where Qt (mg/g) is the amount of MB adsorbed at time t (min), k1 and k2 are the rate constants of
pseudo-first-order and pseudo-second-order models, respectively.

The isotherms of MB adsorption on lignin were investigated by contacting 10 mL MB solution
(pH 8.0, 300–800 mg/L) with 10 mg lignin at 30, 40 and 50 ◦C for 120 min. Freundlich and Langmuir
isotherm models were used to simulate the adsorption data [49]:

Freundlich model:
Qe = kFCe

1/n (5)

Langmuir model:

Qe =
QmkLCe

1 + kLCe
(6)

where Qe is the equilibrium MB adsorption amount of lignin (mg/g), Ce is the equilibrium MB
concentration (mg/L), and Qm (mg/g) is the monolayer maximum adsorption ability. In the Freundlich
model, n and kF represent the intensity of adsorption and the multilayer adsorption capacity (mg/g),
while kL in Langmuir model is the Langmuir constant (L/mg).

3.7. Lignin Recycling

Adsorbent recyclability was also studied by regeneration of MB loaded adsorbent in ethanol
solution [50,51]. Typically, 0.01 g lignin was added into a 50 mL Erlenmeyer flask with 10 mL of
400 mg/mL MB solution. The pH of the MB solution was 8.0. The mixture was shaken in a thermostatic
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shaking incubator (120 rpm) at 50 ◦C for 180 min. Once the adsorption equilibrium was achieved,
the used lignin was collected by centrifugation (5000 rpm, 5 min). The MB desorption from the lignin
adsorbents was conducted by ultrasonically washing with 10 mL ethanol for 4 times. Finally, the lignin
adsorbent was washed with distilled water and ground to pass through a 120-mesh sieve after
vacuum drying. The regenerated lignin was used for the next adsorption run following the identical
experimental conditions. The adsorption-desorption process was repeated at least 6 times using
the same lignin adsorbent.

4. Conclusions

Three lignin subdivisions with decreased heterogeneity of molecular weight and structure were
obtained by stepwise dissolution of EHL in 95% and 80% ethanol solutions. The 80% ethanol-insoluble
subdivision (S3) showed the highest adsorption capacity (396.85 mg/g). The dissolution of S1 and S2
resulted in the decrease of S3 particle size and the formation of a rough surface, which led to
the increase of specific surface area (4.84 m2/g) and the negative Zeta potential (−35.24 mv), and,
therefore, the adsorption capacity. The MB adsorption on S3 followed pseudo-second-order kinetics
and based on the adsorption isotherms fitted by Langmuir model, the maximum monolayer adsorption
capacity of MB on S3 was 431.1 mg/g, which was much higher than those of most reported lignin-based
adsorbents. Moreover, S3 demonstrated much better recyclability owing to its high regeneration yield
(over 90% after 5 recycles) by ethanol desorption. Overall, the adsorption capacity and recyclability of
EHL was significantly improved using the simple stepwise ethanol-water fractionation process.

Supplementary Materials: The following are available online, Figure S1: SEM (a and c) and EDS analyses
(b and d) of S3 (a and b) and MB adsorbed S3 (c and d), Figure S2: EDS analyses of lignin before and after
methylene blue adsorption, Table S1: Element compositions of lignin and MB adsorbed lignin based on EDS
spectra after normalization.
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Abstract: Industries’ air pollution causes serious challenges to modern society, among them exhaust
gases from internal combustion engines, which are currently one of the main sources. This study
proposes a non-thermal plasma (NTP) system for placement in the exhaust system of internal
combustion engines to reduce the toxic contaminants (HC, CO, and NOx) of exhaust gases. This NTP
system generates a high-voltage discharge that not only responds to the ion chemical reaction to
eliminate NOx and CO, but that also generates a combustion reaction at the local high temperature of
plasma to reduce HC. The NTP system was designed on both the front and rear of the exhaust pipe to
analyze the difference of different exhaust flow rates under the specified frequency. The results indicate
that the NTP system can greatly reduce toxic contaminants. The NTP reactor placed in the front of
exhaust pipe gave HC and CO removal efficiency of about 34.5% and 16.0%, respectively, while the
NTP reactor placed in the rear of exhaust pipe gave NOx removal efficiency of about 41.3%. In addition,
the voltage and material directly affect the exhaust gases obviously. In conclusion, the proposed NTP
system installed in the exhaust system can significantly reduce air pollutants. These results suggest
that applying NTP to the combustion engine should be a useful tool to simultaneously reduce both
emissions of NOx and CO.

Keywords: non-thermal plasma (NTP); exhaust emission; internal combustion engine; ion
chemical reaction

1. Introduction

The last few years have witnessed rapid development in industrial technology, with an increasing
demand for fuel-based energy. The combustion of fuel is the primary source of energy for vehicle
engines, aircraft engines, and industrial machinery. Fuel combustion produces a combination of
chemical energy, thermal energy, and exhaust gases. Portions of combustion gases harmful to the
environment such as unburned hydrocarbon, nitrogen oxides, carbon monoxide, and particulate
matter are released into the environment. The exhaust gases emitted into the atmosphere cause air
pollution due to the incomplete combustion of carbonaceous fuel. Inhaling gases are harmful to
humans and cause health issues such as lung cancer, asthma, cardiovascular diseases [1–3]. Inhaling the
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exhaust gases damages the airway and may impair their function, especially the lungs [4]. Therefore,
with mounting environmental concerns, the purification of exhaust gases from the internal combustion
engine is becoming increasingly urgent to address. Balki et al. (2014) investigated the exhaust emission
of an SI engine using gasoline, ethanol, and methanol at different engine speeds and observed that
the use of alcohol instead of gasoline as the fuel in a low power engine caused a decline mainly in
NOx, hydrocarbons (HC) and CO emissions. In addition, when methanol and ethanol were used in the
combustion engine, the emissions of NOx, CO, and HC were reduced by 49% and 47.6%, 22.6% and
21.25%, and 21.6% and 19.13%, respectively [5]. Hsueh et al. (2016) studied a fuel temperature control
device using a thermoelectric module (TEC) chip to measure engine performance and exhaust emission
at various fuel temperatures and air/fuel (A/F) ratios. The emission ratios of HC and CO decreased
but that of NOx increased as the fuel temperature increased [6]. Doğan et al. (2017) investigated
ethanol-gasoline blends as fuel for a four-cylinder and four-stroke spark-ignition engine and found that
ethanol added to gasoline in the combustion engine fuel caused a reduction in CO and NOx emission
ratios [7].

In recent years, the development of non-thermal plasma (NTP) has attracted high interest and is
considered as the green strategy for exhaust pollutant remediation. It can be used to remove various
air pollutants such as SO2, NOx, HC, CO, and VOC [8,9]. In NTP, the electron temperature is higher
than the gas temperature, which is close to room temperature. High energy electrons collide with
surrounding gas molecules to produce reactive species such as dissociated molecules, ions, free radicals,
and secondary electrons [10]. The reactive species actively combine with the environmental pollutants
to form a decomposition product [11]. Various NTP systems such as the spark, dielectric barrier
discharges, gliding arc, corona, microwave, and glow have been investigated for the direct conversion
of exhaust gases [12–16]. The use of a plasma reactor with a catalyst to treat exhaust gases from
gasoline engines was investigated by Dan et al. (2005), who observed that particulate matter removal
efficiency ranged approximately from 25 to 57% [17]. Kim et al. (2017) investigated the effects of NTP
on a lean premixed model gas turbine combustor of NOx and CO by changing the mixing nozzle
exit velocity and the equivalence ratio. The result showed a reduction in NOx and CO emissions [18].
Adnan et al. (2017) tried to increase the rate of NTP decomposition by increasing the flow rates of the
exhaust gases and could reduce the concentrations of CO, CO2, HC, and NOx by more than 95% [19].

In this study, the variation of toxic contaminants in the exhaust system of the internal gasoline
engine was investigated by using the NTP system. The NTP reactor was placed in the front or rear of
the exhaust pipe to treat exhaust gas and the variation of emission was analyzed. The exhaust gas
variation of the engine was observed by controlling the position, voltage, and types of NTP reactors
with different engine speeds.

2. Experimental Apparatus and Techniques

2.1. Experimental Setup

The schematic of the experimental setup is shown in Figure 1, which mainly includes three
sections, the production of exhaust gas by the motorcycle engine, the device for exhaust emissions
reduction by the NTP system, and the exhaust gas analyzer of the detection system. The engine
used for this experimental test was the model GP-125 manufactured by KYMCO Co. Ltd. (Taiwan),
and there was no catalyst inside the exhaust pipe. The specifications of the engine in the power and
torque measurement test are mentioned in Table 1. The experimental control conditions of the engine
are mentioned in Table 2. The engine speeds were set in the range of 4000–6000 rpm, a frequently used
range for practical motorcycle engines. The detailed experimental setup of the NTP system is shown
in Figure 2, which is consisted mainly of three parts, the NTP reactor, the voltage converter, and the
NTP control device. The NTP reactors used for this experiment test were model CR8EGP and CR8EIX
manufactured by NGK Spark Plug Co., Ltd. (Aichi, Japan). The specifications of NTP reactors are
mentioned in Table 3. NTP reactor was placed in the model A, in the front of the exhaust pipe or model
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B, in the rear of the exhaust pipe, as described in Figures 2 and 3. The voltage converter used for this
experiment test was model 3051A-LGL3–900 (KYMCO Co. Ltd., Taiwan). The NTP control device
used for this experiment test was model DP-30032 (HILA International Inc, Taiwan). The specifications
of the NTP control device are mentioned in Table 4. Pulsed voltages with a frequency of 10 Hz and
adjustable amplitudes from 2 to 5 V were applied to the electrodes to produce a spark. The exhaust gas
analyzer used for this experiment test was model EF-306EN (Exford, Taiwan), which measures the
range of each exhaust gas, as mentioned in Table 5. The exhaust gas was measured at the end of the
exhaust pipe and the data were recorded for 5 min under normal conditions to calculate an average.
The A/F ratio was maintained at 13.7 to fix the stable fuel supply condition and observe the change in
engine power performance and emission.

 

Figure 1. Schematic of this experiment and setup location.

Table 1. The engine specification of motorcycle.

Parameter Value

Model GP125
Stoke four-stoke

Engine type Single cylinder
Displacement (c.c.) 124.6
Bore × Stoke (mm) 52.4 × 57.8
Compression ratio 9.9:1

Fuel Unleaded gasoline
Max power (kw/rpm) 7.8/7500

Max torque (N-m/rpm) 10.3/5500
Wheelbase (mm) 1220

Air/fuel ratio (A/F) 13.7

Table 2. The control conditions of engine.

Parameter Value

Engine speed (rpm) 4000, 5000, 6000
Fuel octane rating 95

Engine temperature (◦C) 100–110
Intake air temperature (◦C) 22–26

 

Figure 2. The setup of non-thermal plasma (NTP) system.
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Table 3. The types of NTP reactor.

Parameter
Value

Type One Type Two

Model NGK-CR8EGP NGK-CR8EIX
Material Platinum Iridium alloy

Discharging Gap (before used) (mm) 0.7 0.8
Discharging Gap (after used) (mm) 0.7 0.7

Center electrode diameter (mm) 0.8 0.8
Outer electrode diameter (mm) 2.20 1.85

 

 

Figure 3. Photographic view of the device set up on (a) model A and (b) model B of the
experimental motorcycle.

Table 4. The specification of NTP control device.

Parameter Value

Model DP-30032
Main output voltage (V) 0–30
Main output current (A) 0–3
Fixed output voltage (V) 2.5/3.3/5
Fixed output current (A) 3

Resolution (mV/mA) 100/10
Precision ±(1% reading + 2 digits)

Power supply (V, Hz) AC110/220 ± 10% selectable, 50/60
Dimensions (mm) 250W × 150H × 310D

Table 5. The range of each exhaust gas.

Parameter
Value

Measuring Range Tolerance

HC (ppm) 0–2000 ±12
CO (%) 0–10 ±0.06
CO2 (%) 0–20 ±0.5

NOx (ppm) 0–5000 ±25

2.2. Experimental Procedure

The measurement equipment was adjusted and corrected before the experiment began.
The preparation and measurement procedures were as follows:

1. The engine condition of the motorcycle, such as engine oil, air filter, and fuel was checked.
2. The exhaust gas analyzer was calibrated and warmed up.
3. The engine was initiated for 30 min for the temperature to reach 100 ◦C.
4. The NTP system was checked and the type of NTP reactor was selected.
5. Before each experiment, a new NTP reactor was replaced.
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In this study, the engine speed was 4000, 5000, and 6000 rpm, and the engine combustion produced
exhaust gas when the engine started. The exhaust gas was discharged to the exhaust gas analyzer after
passing through the NTP reactor. The data were directly recorded with the help of Microsoft Excel.
The sparking frequency of the NTP control device was 10 Hz. The experimental procedure is presented
in Figure 4. In these experiments, the different rpm of the engine were measured and compared to
determine the optimal type and location of the NTP system. Based on the results of this experiment,
the optimal condition of the NTP system was obtained and later applied to an actual vehicle.
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The dissociation process of exhaust gas was defined as:
The removal efficiency of pollutants (RE) for HC, CO, and NOx:

RE (%) =
[Gas]off − [Gas]on

[Gas]off
× 100% (1)

The conversion efficiency of pollutants (CE) for CO2:

CE (%) =
[Gas]on − [Gas]off

[Gas]off
× 100% (2)

where [Gas]off is the exhaust emission value without the NTP system; [Gas]on is the exhaust emission
value with the NTP system.

2.3. NTP Reactor

The spark is generated by the electrode gap of the NTP reactor. (Tables 3 and 4). The combustible
gas is ignited in the exhaust gas. The exhaust gas composition of engine combustion includes HC, CO,
CO2, NOx, SO2, and PM2.5, etc. But the instrument used in this article can only measure HC, CO, CO2,
and NOx. Therefore, the major reactions in the exhaust gas reduction by the NTP reactor are listed
below [20–23].
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The short high current spark with excited atomic radicals, excited molecules, and ions are generated,
and the temperature during the spark phase can be as high as 3000 K. Therefore, we considered the
Zeldovich thermal mechanism (see the equations below) of NOx generation.

N2 + O→ NO + N (3)

N + O2 → NO + O (4)

Oxygen molecules are broken down into oxygen radicals by the free electrons. The reactions of
these oxygen molecules are listed below [20–23].

O2 + e− → O + O (5)

O + O→ O2 (6)

O3 + e− → O2 + O (7)

O + O2 → O3 (8)

O + O3 → O2 + O2 (9)

Under a higher energy electron collision, N2 transforms into N radicals and the water molecules
partially dissociate to form active species, such as OH and H radicals. The results of H2O and N2

molecules at higher energy electron collision reactions are listed below [21,23].

N2 + e− → N + N (10)

N + N→ N2 (11)

H2O + e− → OH + H (12)

H2O + O→ OH + OH (13)

OH + O→ O2 + H (14)

OH + O3 → HO2 + O2 (15)

OH + HO2 → O2 + H2O (16)

The mechanism for the destruction of CO2 in a non-thermal plasma involves the electron-induced
dissociation of CO2 to give CO and O followed by recombination of the oxygen atoms to give the final
products, CO and O2. CO can also recombine with atomic oxygen to reform CO2. The reactions are
listed below [19,20].

CO2 + e− → CO + O (17)

CO2 + e− → C + O2 (18)

CO + O→ CO2 (19)

CO + e− → C + O (20)

CO + H2O→ CO2 + H2 (21)

C + O3 → CO + O2 (22)

The process of NOx removal mainly occurs through the oxidation pathway. Once N and O radicals
are formed, the most important reactions of the oxidation of NO to NO2 are listed below [21–23].

N + O→ NO (23)
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N + O3 → NO + O2 (24)

NO + e− → N + O (25)

NO2 + e− → N + O + O (26)

NO + O→ NO2 (27)

NO + O3 → NO2 + O2 (28)

NO + N→ N2 + O (29)

NO + H2O→ NO2 + 2H (30)

NO2 + O3 → NO3 + O2 (31)

NO2 + HO2 → HNO3 + O (32)

NO2 + OH→ HNO3 (33)

3. Results and Discussion

3.1. HC

Figures 5–8 present the HC emission value and the removal efficiency using different materials
(Table 3) and at various locations (Figures 2 and 3) of the NTP reactor. The HC emissions are known to
be a result of the poor combustion of the fuel [24]. We found that the control voltage of 2 to 5 V in the
NTP system could reduce the HC emissions at different engine speeds. The minimum HC removal
efficiency was 1.2% at the control voltage 2 V for platinum (type one) at 6000 rpm and for reactor in
the front of the exhaust system (model A). The control voltage 1 V exhibited little change in the HC
removal efficiency, possibly because the voltage and the spark were too small. Therefore, it does not
show in the figure. The control voltage 0 V indicates the original exhaust gas without the NTP system.
Our results show that HC removal efficiency increased with increasing voltage because of the increase
in shape and density of the spark with increasing voltage. With the increase in the contact area of the
large spark and high density with the HC exhaust gas, the re-burning probability of the HC exhaust
gas increased. Particularly, the shape and density of the spark approached the critical value at the
control voltage 4 V, and the spark variation was small from the control voltage of 5 to 4 V.

 

NO + O → NONO + O → NO + ONO + N → N + ONO + H O → NO + 2HNO + O → NO + ONO + HO → HNO + ONO + OH → HNO

 

Figure 5. The HC (a) emission values and (b) removal efficiency (RE) using platinum in the front of the
exhaust pipe.
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Figure 6. The HC (a) emission values and (b) RE using iridium alloy in the front of the exhaust pipe.

 

Figure 7. The HC (a) emission values and (b) RE using platinum in the rear of the exhaust pipe.

 

 

Figure 8. The HC (a) emission values and (b) RE using iridium alloy in the rear of the exhaust pipe.

Figures 9–11 show the HC emission value and removal efficiency at control voltage 5 V using
different materials and at various locations of the NTP reactor. Table 6 shows the maximum and
minimum values of HC removal efficiency at control voltage 5 V using different materials and at
various locations of the NTP reactor. The maximum HC removal efficiency was 34.5% for iridium alloy
(type two) at 6000 rpm and for reactor in the rear of the exhaust system (model B). The minimum HC
removal efficiency was 11.9% for platinum (type one) at 6000 rpm and for the reactor in the front of the
exhaust system (model A). These results indicate that HC exhaust gas concentration increases with the
increase in engine speed. This is because, with the increase in the engine speed, the gasoline fuel gets
no time to burn in the engine. The NTP reactor materials of type one and type two reduce the HC
exhaust gas concentration and type two exhibited a better effect than the type one. This is because the
low resistance and small electrode area of type two material cause the formation of a larger spark with
a higher internal density. With the increase in the contact area of large spark and high density with the
HC exhaust gas, the re-burning probability of HC exhaust gas increased. The NTP reactor location in
models A and B reduced the HC exhaust gas concentration. In model A, the HC removal efficiency
increased with decreasing engine speed because of the slow flow rate of exhaust gas with decreasing
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engine speed. The re-burning probability of HC exhaust gas increased with the increase in contact
time between the spark and HC exhaust gas. In model B, the HC removal efficiency increased with an
increase in engine speed. This is because the flow rate of exhaust gas was almost the same in model B.
The re-burning probability of HC exhaust gas increased with an increase in HC gas flow per unit area.
The reduction in HC removal efficiency of model B was higher than that of model A. This is because
of the larger cross-sectional area in model B, which leads to the complete release of spark and slow
gas flow rate, increasing the re-burning probability of HC exhaust gas. Therefore, HC exhaust gas
emissions get reduced.

 

 

Figure 9. The HC (a) emission values and (b) RE of control voltage 5 V using platinum.

 

 

Figure 10. The HC (a) emission values and (b) RE of control voltage 5 V using iridium alloy.

 

 

 

Figure 11. The HC RE at control voltage 5 V.

Table 6. The maximum and minimum values of HC removal efficiency at control voltage 5 V.

Parameter
HC RE Value

Maximum Minimum

Platinum and in the front of the exhaust pipe (Type one and model A) 15.3% 11.9%
Iridium alloy and in the front of the exhaust pipe (Type two and model A) 18.5% 14.3%
Platinum and in the rear of the exhaust pipe (Type one and model B) 29.8% 20%
Iridium alloy and in the rear of the exhaust pipe (Type two and model B) 34.5% 24.6%
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3.2. CO

Figures 12–15 present the CO emission value and removal efficiency of the different types and
locations of NTP reactor. The control voltage of 2 to 5 V in the NTP system could reduce the CO
emissions at different engine speeds. The minimum CO removal efficiency was 1.2% at the control
voltage 2 V for Platinum (type one) and for in the front of the exhaust system (model A) at 6000 rpm.
The results show that the removal efficiency of CO increases with increasing voltage. This is because
with increasing voltage, the shape of the spark gets larger, leading to an increase in the production
of free radicals. Abundant reactive radicals and higher combustion reaction temperature caused the
increase in the dissociation probability of CO exhaust gas.

 

 

 

 

Figure 12. The CO (a) emission values and (b) RE using platinum in the front of the exhaust pipe.

 

 

 

 

Figure 13. The CO (a) emission values and (b) RE using iridium alloy in the front of the exhaust pipe.

 

 

Figure 14. The CO (a) emission values and (b) RE using platinum in the rear of the exhaust pipe.
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Figure 15. The CO (a) emission values and (b) RE using iridium alloy in the rear of the exhaust pipe.

Figures 16–18 present the CO emission value and removal efficiency of control voltage 5 V using
different materials and at various locations of the NTP reactor. Table 7 shows the maximum and
minimum values of CO removal efficiency at control voltage 5 V using different materials and at
various locations of the NTP reactor. The maximum CO removal efficiency was 16.0% for iridium alloy
(type two) at 5000 rpm and for reactor in the rear of the exhaust system (model B). The minimum
CO removal efficiency was 3.3% for platinum (type one) at 6000 rpm and for reactor in the front of
the exhaust system (model A). The NTP reactor material of types one and type two reduced the CO
exhaust gas concentration. The effect of type two NTP reactor material was found to be better than
that of type one because, low resistance forms larger spark and high internal density. The production
of free radicals increases by increasing the spark size. The larger amount of radicals and higher
combustion reaction temperature caused an increase in the dissociation probability of CO exhaust
gas. The dissociation of CO is broadly divided into two parts. In the first part, the dissociation of
CO gives carbon and oxygen atoms. Carbon atoms get deposited on the surface of the NTP reactor,
as shown in Figure 19. The second part involves the recombination of CO and oxygen atoms to form
the CO2. The location of the NTP reactor in models A and B reduce the CO exhaust gas concentration.
In model A, the CO removal efficiency increased with a decrease in the engine speed, which caused the
flow rate of exhaust gas to be slow. The dissociation probability of CO exhaust gas increased with the
increase in contact time between the spark and CO exhaust gas. The CO removal efficiency was the
highest in model B at 5000 rpm because the flow rate of exhaust gas was almost the same in model B.
The dissociation probability of CO exhaust gas increased with an increase in CO gas flow per unit area.
The reduction in CO removal efficiency of model B is higher than that of model A. This is because in
model B, the dissociation of free radical and CO exhaust gas has a larger space, and the flow rate of
exhaust gas was slow. This reduced the CO exhaust gas emissions. However, the amount of change in
the CO exhaust gas measurement is small, there may be random errors in this experiment which may
be caused by ambient temperature, humidity and dust. The random errors of CO exhaust values is
about 0.1.

 

 

 

Figure 16. The CO (a) emission values and (b) RE of control voltage 5 V using platinum.
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Figure 17. The CO (a) emission values and (b) RE of control voltage 5 V using iridium alloy.

 

 

Figure 18. The CO RE at control voltage 5 V.

Table 7. The maximum and minimum values of CO removal efficiency at control voltage 5 V.

Parameter
CO RE Value

Maximum Minimum

Platinum and in the front of the exhaust pipe (Type one and model A) 7% 3.3%
Iridium alloy and in the front of the exhaust pipe (Type two and model A) 10.8% 5.9%
Platinum and in the rear of the exhaust pipe (Type one and model B) 13% 10.1%
Iridium alloy and in the rear of the exhaust pipe (Type two and model B) 16% 13.2%

 

 

Figure 19. A photographic view of NTP reactor (a) platinum and (c) iridium alloy before this experiment
and (b) platinum and (d) iridium alloy after this experiment.

3.3. CO2

Figures 20–23 present the CO2 emission value and conversion efficiency using the different
materials and at various locations of the NTP reactor. The control voltage of 2 to 5 V in the NTP
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system could increase the CO2 emissions at different engine speeds. The maximum CO2 conversion
efficiency was 0.9% at the control voltage 2 V for platinum (type one) at 4000 rpm and for reactor in
the front of the exhaust system (model A). The results show that CO2 conversion efficiency increases
with decreasing voltage. This is because decreasing voltage leads to a smaller shape of spark and this
reduction causes a decline in the production of free radicals. Ultimately, this reduces the dissociation
probability of CO2 exhaust gas.

Figures 24–26 show the CO2 emission value and conversion efficiency at control voltage 5 V using
different materials and at various locations of the NTP reactor. Table 8 shows the maximum and
minimum values of CO2 conversion efficiency at control voltage 5 V using different materials and at
various locations of the NTP reactor. The maximum CO2 conversion efficiency was 0.6% for platinum
(type one) at 4000 rpm and for reactor in the front of the exhaust system (model A). The minimum CO2

conversion efficiency was −0.3% for iridium alloy (type two) at 4000 rpm and for reactor in the rear of
the exhaust system (model B). Most of the NTP reactor materials of type one and type two increase CO2

exhaust gas concentration, while the type one exhibits a better effect than the type two. The reduced
production of free radicals causes the dissociation probability of CO2 exhaust gas to decrease. CO2

is also obtained from the combination of CO and oxygen atoms. The dissociation of CO2 is divided
into two parts. The first part involves the dissociation of CO2 to give CO and oxygen atoms. In the
second part, the dissociation of CO2 gives carbon and oxygen atoms. Carbon atoms get deposited on
the surface of the NTP reactor (Figure 19). Most of the NTP reactor locations of model A and model B
increase the CO2 exhaust gas concentration. This is because the amount of CO2 dissociation is less than
the amount of recombination of CO and oxygen atoms. This result is similar to that of CO exhaust
gas emissions. However, the amount of change in the CO2 exhaust gas measurement was small, thus,
there may be errors in measurement.

 

 

Figure 20. The CO2 (a) emission values and (b) CE at platinum in the front of the exhaust pipe.

 

 

Figure 21. The CO2 (a) emission values and (b) CE using iridium alloy in the front of the exhaust pipe.
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−

 

Figure 22. The CO2 (a) emission values and (b) CE using platinum in the rear of the exhaust pipe.

 

 

−

 

Figure 23. The CO2 (a) emission values and (b) CE using iridium alloy in the rear of the exhaust pipe.

 

 

 

−

−

Figure 24. The CO2 (a) emission values and (b) CE of control voltage 5 V using platinum.

 

 

 

−

−

Figure 25. The CO2 (a) emission values and (b) CE of control voltage 5 V using iridium alloy.
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Figure 26. The CO2 CE at control voltage 5 V.

Table 8. The maximum and minimum values of CO2 conversion efficiency at control voltage 5 V.

Parameter
CO2 CE Value

Maximum Minimum

Platinum and in the front of the exhaust pipe (Type one and model A) 0.6% 0.3%
Iridium alloy and in the front of the exhaust pipe (Type two and model A) 0.5% 0.3%
Platinum and in the rear of the exhaust pipe (Type one and model B) 0.1% −0.1%
Iridium alloy and in the rear of the exhaust pipe (Type two and model B) 0% −0.3%

3.4. NOx

Figure 27 presents the oil temperature of the engine at different engine speeds. Figures 28–31
present the NOx emission value and the removal efficiency at different types and locations of the NTP
reactor. The principal source of NOx emissions is the oxidation of atmospheric nitrogen. We found that
a control voltage between 2 to 5 V in the NTP system, could reduce NOx emissions at different engine
speeds. The maximum NOx removal efficiency was 41.3% at the control voltage 4 V for iridium alloy
(type two) at 3000 rpm and for reactor in the front of the exhaust system (model A). The minimum
NOx removal efficiency was 4.7% at the control voltage 2 V for platinum (type one) at 6000 rpm and
for reactor in the rear of the exhaust system (model B). The results show that NOx removal efficiency
increased with increasing voltage, however, NOx removal efficiency began decreasing after reaching
control voltage 4 V. This is because the change in the spark of control voltage 5 V to the control voltage
4 V was small. The free radicals and exhaust gas degradation appeared to be similar, but the combustion
reaction temperature increased. With the increase in combustion reaction temperature, the amount of
diatomic nitrogen dissociated from the monatomic nitrogen increased and finally resulted in high NOx.

 

Figure 27. The oil temperature of the engine at different engine speeds.

341



Molecules 2020, 25, 6041

 

Figure 28. The NOx (a) emission values and (b) RE using platinum in the front of the exhaust pipe.

 

 

Figure 29. The NOx (a) emission values and (b) RE using iridium alloy in the front of the exhaust pipe.

 

 

Figure 30. The NOx (a) emission values and (b) RE using platinum and in the rear of the exhaust pipe.

 

 

Figure 31. The NOx (a) emission values and (b) RE using iridium alloy in the rear of the exhaust pipe.

Figures 32–34 present NOx emission value and removal efficiency at control voltage 5 V using
different materials and at various locations of the NTP reactor. Table 9 shows the maximum and
minimum values of NOx removal efficiency at control voltage 5 V using different materials and at
various locations of the NTP reactor. The maximum NOx removal efficiency was 37.6% for iridium
alloy (type two) at 4000 rpm and for reactor in the front of the exhaust system (model A). The minimum
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NOx removal efficiency was 7.5% for platinum (type one) at 6000 rpm and for reactor in the rear of the
exhaust system (model B). The results show an increase in NOx exhaust gas concentration with an
increase in engine speed, which then causes the temperature of the combustion chamber to increase.
At high temperatures, nitrogen and oxygen atoms easily recombine to form NOx. The NTP reactor
materials of type one and type two reduce the NOx exhaust gas concentration. The effect of type two
material was found to be better than type one. The production of free radicals increased by increasing
the spark size and the area of contact between the free radicals and NOx exhaust gas also increased.
This enhanced the probability of dissociation of NOx exhaust gas to give nitrogen and oxygen atoms.
The NTP reactor location in models A and B reduced the NOx exhaust gas concentration. Moreover,
the NOx removal efficiency increased with decreasing engine speed because of the slower the flow rate
of exhaust gas and the lower temperature of exhaust gas. The NOx removal efficiency of model A was
better among the two models because the products of NOx dissociation can easily recombine to form
the NOx at high temperatures. The combination possibility of nitrogen and oxygen atoms is lower at
the faster flow rate of the exhaust gas. Therefore, the NOx exhaust gas emissions are reduced.

Table 9. The maximum and minimum values of NOx removal efficiency at control voltage 5 V.

Parameter
NOx RE Value

Maximum Minimum

Platinum and in the front of the exhaust pipe (Type one and model A) 24.8% 9.8%
Iridium alloy and in the front of the exhaust pipe (Type two and model A) 37.6% 18%
Platinum and in the rear of the exhaust pipe (Type one and model B) 19.3% 7.5%
Iridium alloy and in the rear of the exhaust pipe (Type two and model B) 30.1% 17%

 

 

 

Figure 32. The NOx (a) emission values and (b) RE of control voltage 5 V using platinum.

 

 

 

Figure 33. The NOx (a) emission values and (b) RE of control voltage 5 V using iridium alloy.
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Figure 34. The NOx RE at control voltage 5 V.

4. Conclusions

In this study, a motorcycle engine was examined using the NTP system to measure exhaust gas
emission using different materials, voltage, and locations of the NTP reactor.

Considering the HC exhaust gas emissions, the NTP system re-burns HC exhaust gas to reduce
the HC exhaust gas concentration. The HC removal efficiency increases with increasing voltage.
The shapes and density of the spark approached critical values at the control voltage 4 V. The HC
exhaust gas emissions of model B were lower than model A. The effect of type two NTP reactor material
was better than that of type one. The maximum reduction of HC removal efficiency obtained with the
NTP system reached 34.5%, while the minimum HC removal efficiency was 1.2%.

Considering the CO exhaust gas emissions, the reaction between free radicals and CO exhaust gas
gates mainly dissociated to obtain carbon and oxygen atoms. Carbon gets deposited on the surface
of the NTP reactor and affects the life of the NTP reactor. Furthermore, CO and oxygen atoms also
recombine to form CO2. The CO removal efficiency increases with the increase in voltage. The CO
removal efficiency of model B was found to be higher than that of model A. The effect of the type two
NTP reactor material was better than type one. The maximum reduction of CO removal efficiency
obtained with the NTP system reached 16.0%, while the minimum CO removal efficiency was 1.2%.

In terms of the CO2 exhaust gas emissions, the CO2 exhaust gas dissociates to form CO and
oxygen atoms, and the dissociation of CO2 obtains carbon atoms and oxygen atoms. Like CO, carbon
gets deposited on the surface of the NTP reactor. However, most of the amount of dissociation was
found to be less than the amount of HC re-burning and CO reduction. Therefore, the total amount
of CO2 increased and the CO2 conversion efficiency increased with decreasing voltage. The CO2

conversion efficiency of model A was higher than that of model B. The effect of type one NTP reactor
material was better than that of type two. The maximum CO2 conversion efficiency obtained with the
NTP system reached 0.9%, while the minimum CO2 conversion efficiency was −0.3%.

Considering the NOx exhaust gas emissions, the NOx gets dissociated by the NTP system to
reduce the NOx exhaust gas concentration. The removal efficiency NOx increased with increasing
voltage, but the NOx exhaust gas removal efficiency began to decrease after reaching control voltage 4 V.
As the combustion reaction temperature increased, the amount of diatomic nitrogen dissociated from
the monatomic nitrogen increased and finally resulted in high NOx. The NOx exhaust gas emissions of
model A were lower than that of model B. The effect of type two NTP reactor material was better than
that of type one. The maximum reduction of NOx exhaust gas emissions removal efficiency obtained
with the NTP system reached 41.3%, while the minimum NOx removal efficiency was 4.7%.

Finally, according to the above discussion, the effect of iridium alloy is better than platinum for HC,
CO, CO2, and NOx emission removal. The effect of the NTP reactor in the rear of the exhaust system
is better than in the front of the exhaust system for HC, CO, and CO2 emission removal. However,
the NOx emission removal for the reactor in front of the exhaust system is better than that in the rear of
the exhaust system.
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5. Patents

Taiwan Patent M526623.
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