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Preface to ”Wastewater Treatment, Valorization and

Reuse”

Water resources management in general, and wastewater treatment, valorization, and reuse

in particular, are currently being considered as important worldwide challenges. In this context,

the 2030 United Nations Agenda for Sustainable Development Goals (UN-SDGs) aims to improve

water quality by reducing pollution, eliminating dumping, and minimizing the release of hazardous

chemicals and materials, halving the proportion of untreated wastewater and substantially increasing

recycling and safe reuse globally. Nowadays, the paradigm of wastewater management is shifting

from “treatment and disposal” to “reuse, recycle, and resource recovery”. The main benefits of

this new concept concern not only human and environmental health, food, and energy security,

but also climate change mitigation. Hence, in the context of a circular economy, whereby economic

development must be balanced with natural resources preservation and environmental sustainability,

wastewater can be considered an abundant source of precious and sustainable resources. Therefore,

the papers in this Special Issue are dealing with this problematic situation and providing innovative

solutions for wastewater treatment and reuse. It is a great pleasure to present this edited volume on

wastewater treatment and reuse. It contains 11 valuable publications from esteemed research groups

around the world. We would like to thank the editorial team of MDPI, particularly Mrs Mia Liu, for

their assistance in this project.

Mejdi Jeguirim, Salah Jellali

Editors
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This Special Issue includes investigations related to wastewater treatment, recovery,
and reuse. Different techniques including adsorption, electrocoagulation, ultrafiltration,
and membrane filtration were applied to eliminate heavy metals and organic compounds.
Furthermore, the use of green technique for water, nutrients and polyhydroxyalkanoates
recovery from wastewater was tested. Finally, the potential of the treated wastewater
reuse in region under hydric stress was assessed. The different published papers show
the diversity of research conducted on wastewater treatment and the environmental and
economic benefits from their reuse in various applications. New developments are still in
progress, encouraging the organization of another edition of this Special Issue.

Mineral processing wastewater contains large amounts of reagents which can lead to
severe environmental problems, such as high chemical oxygen demand (COD). Inspired by
the wastewater treatment in such industries as those of textiles, food, and petrochemistry,
Jing et al. [1] have applied electrocoagulation (EC) for the first time to explore its feasibility
in the treatment of wastewater with an initial COD of 424.29 mg/L from a Pb/Zn sulfide
mineral flotation plant and its effect on water reuse. Typical parameters, such as anode
materials, current density, initial pH, and additives, were characterized to evaluate the
performance of the EC method. The results showed that, under optimal conditions, i.e.,
iron anode, pH of 7.1, electrolysis time of 70 min, 19.23 mA/cm2 of current density, and 4.1
g/L of activated carbon dose, the initial COD can be reduced to 72.9 mg/L, corresponding
to a removal rate of 82.8%. In addition, compared with the untreated wastewater, EC-
treated wastewater was found to benefit the recovery of galena and sphalerite, with galena
recovery increasing from 25.01% to 36.06% and sphalerite recovery increasing from 59.99%
to 65.33%. This study confirmed that EC is a promising method for the treatment and
reuse of high-COD-containing wastewater in the mining industry, and it possesses great
potential for a wide range of industrial applications.

Othmani et al. [2] have synthesized hybrid materials with high pollutant-uptake ca-
pacity and low cost based on Luffa cylindrica (L.C) and different percentage of Zn2+ in the
presence and absence of alternating current (AC). Physico-chemical, morphological, and
structural characterizations of the hybrid materials were performed by Boehm method,
point zero charge (pHpzc), infrared characterizations (IR), scanning electron microscopy
(SEM), energy-dispersive spectroscopy, and X-ray photoelectron spectroscopy. The effi-
ciency of the designed hybrid materials was optimized based on their performance in water
depollution. Methylene blue (MB) and industrial textile wastewater were the investigated
pollutants models. IR characterizations confirmed the fixation of Zn2+ onto the L.C by the
creation of Zn–OH, Zn–O and Zn–O–C bonds. Boehm titration showed that the fixation
of Zn2+ onto L.C is accompanied by an increase in the basic functions of its surface, and
subsequently an increase in the pHpzc. SEM results confirmed the fixation of Zn2+ onto the
L.C. Coupling AC with biosorption showed an increase in the adsorbed amount of MB and
speed. When adding 4% of Zn2+ compared to the pure L.C, the Qm shifted from 3.22 to

Water 2021, 13, 548. https://doi.org/10.3390/w13040548 https://www.mdpi.com/journal/water
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9.84 and 8.81 mg/g for hybrid materials synthesized under AC, in an absence of AC, and
pure L.C, respectively.

Miron et al. [3] have studied the evolution of the membrane selectivity of neutral
solutes after the filtration of protein or amino acid solutions. Classical methodologies led to
the estimation of the mean pore radius, different for each filtrated neutral solute. The use
of pore size distribution from nitrogen adsorption/desorption experiments enabled a good
description of hydraulic and selectivity performances. The modification of the membrane
hydraulic properties after the successive filtration of protein solutions revealed that the
decrease is quasi linear, the same for all the studied membranes, and independent of prior
tests. According to the experimental observations, an adsorption model was developed,
considering a layer-by-layer adsorption in the larger pores of the membrane. The predictive
obtained results are in good agreement with the experimental rejection rates, validating
the assumptions.

Lignite, as an available and low-cost material, was tested for cadmium (Cd) and
copper (Cu) removal from aqueous solutions under various static experimental conditions
by Jellali et al. [4]. Experimental results showed that the removal efficiency of both metals
was improved by increasing their initial concentrations, adsorbent dosage, and aqueous
pH values. The adsorption kinetic was very rapid for Cd; about 78% of the totally adsorbed
amounts were removed after a contact time of only 1 min. For Cd and Cu, the kinetic and
isothermal data were well fitted with pseudo-second order and Freundlich models, respec-
tively, which suggests that Cd/Cu removal by lignite occurs heterogeneously on multilayer
surfaces. The maximum Langmuir’s adsorption capacities of Cd and Cu were assessed to
38.0 and 21.4 mg g−1 and are relatively important compared to some other lignites and raw
natural materials. Results of proximate, scanning electron microscopy/energy dispersive
X-ray spectroscopy (SEM/EDS), Fourier-transform infrared spectroscopy (FTIR) and X-ray
diffraction (XRD) showed that the removal of these metals occurs most likely through a
combination of cation exchange and complexation with specific functional groups. The
relatively high adsorption capacity of the used lignite promotes its future use as a low-cost
material for Cd and Cu removal from effluents, and possibly for other heavy metals or
groups of pollutants.

Greywater has been identified as a potential source of water in a number of applica-
tions, e.g., toilet flushing, laundering in first rinsing, floor cleaning, and irrigation. The
major obstacle to the reuse of greywater relates to its relatively high contents of pathogens,
nutrients, and organic matter. Therefore, much effort has been paid to treat greywater, in or-
der to yield high-quality water deprived of bacteria and with an appropriate value in a wide
range of quality parameters (total organic carbon (TOC), nitrate, phosphate, ammonium,
pH, and absorbance), similar to the values for tap water. Kamińska and Marszałek [5] pro-
posed to treat real greywater and turn it into high-quality and safe water. For this purpose,
the real greywater was treated by means of a sequential biological reactor (SBR) followed by
ultrafiltration. Initially, greywater was treated in a laboratory SBR reactor with a capacity of
3 L, operated in a 24 h cycle. Then, SBR effluent was purified in a cross-flow ultrafiltration
setup. Treatment efficiency in SBR and ultrafiltration was assessed using extended physic-
ochemical and microbiological analyses (pH, conductivity, color, absorbance, chemical
oxygen demand (COD), biological oxygen demand (BOD5), nitrate, phosphate, ammonium,
total nitrogen, phenol index, nonionic and anionic surfactants, TOC, Escherichia coli, and
enterococci). Additionally, ultrafiltration was evaluated in terms of fouling behavior for
three polymer membranes with different MWCOs (molecular weight cut-offs). The values
of quality parameters (pH, conductivity, COD, BOD5, TOC, N-NH4

+, N-NO3
−, Ntot, and

P-PO4
3−) measured in SBR effluent did not exceed permissible values for wastewater

discharged to soil and water. Ultrafiltration provided the high-quality water with very low
values of COD (5.8–18.1 mg/L), TOC (0.47–2.19 mg/L), absorbance UV254 (0.015–0.048
1/cm), color (10–29 mgPt/L), and concentration of nitrates (0.18–0.56 mg/L), phosphates
(0.9–2.1 mg/L), ammonium (0.03–0.11 mg/L), and total nitrogen (3.3–4.7 mg/L), as well as
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a lack of E. coli and enterococci. Membrane structural and surface properties did not affect
the treatment efficiency, but did influence the fouling behavior.

Water shortage is a very concerning issue in the Mediterranean region, threatening
the viability of the agriculture sector, and in some countries, population wellbeing. At
the same time, liquid effluent volumes generated from agro-food industries in general,
and the olive oil industry in particular, are huge. Thus, Dutournié et al. [6] proposed a
sustainable solution for the management of olive mill wastewater (OMWW) with possible
reuse in irrigation. Their investigation is a part of a series of papers valorizing all the
outputs of a three-phase system of olive oil mills. It deals with recovery, by condensation,
of water from both OMWW and OMWW-impregnated biomasses (sawdust and wood
chips), during a convective drying operation (air velocity: 1 m/s and air temperature:
50 ◦C). The experimental results showed that the water yield recovery reaches about 95%.
The condensate waters have low electrical conductivity and salinities, but also acidic pH
values and slightly high chemical oxygen demand (COD) values. However, they could be
returned suitable for reuse in agriculture after additional low-cost treatments.

Raw poultry manure (RPM) and its derived biochars at temperatures of 400 (B400)
and 600 ◦C (B600) were physico-chemically characterized, and their ability to release
nutrients was assessed under static conditions by Hadroug et al. [7]. The experimental
results showed that RPM pyrolysis operation significantly affects its morphology, surface
charges, and area, as well as its functional groups contents, which in turn influences its
nutrient release ability. The batch experiments indicated that nutrient release from the
RPM as well as biochars attains a pseudo-equilibrium state after a contact time of about
48 h. RPM pyrolysis increased phosphorus stability in residual biochars and, in contrast,
transformed potassium to a more leachable form. For instance, at this contact time, P-
and K-released amounts changed from 5.1 and 25.6 mg g−1 for RPM to only 3.8 and more
than 43.3 mg g−1 for B400, respectively. On the other hand, six successive leaching batch
experiments with a duration of 48 h each showed that P and K release from the produced
biochars was a very slow process; negligible amounts continued to be released even after a
total duration of 12 days. All these results suggest that RPM-derived biochars have specific
physico-chemical characteristics, allowing them to be used in agriculture as low-cost and
slow-release fertilizers.

Sludge from municipal wastewater treatment systems can be used as a source of
mixed microbial cultures for the production of polyhydroxyalkanoates (PHA), according
to de Souza Reis et al. [8]. Stored intracellularly, the PHA is accumulated by some species
of bacteria as an energy stockpile and can be extracted from the cells by reflux extraction.
Dimethyl carbonate was tested as a solvent for the PHA extraction at different extraction
times and biomass-to-solvent ratios, and 1-butanol was tested for purifying the obtained
PHA at different purification times and PHA-to-solvent ratios. Overall, only a very small
difference was observed in the different extraction scenarios. An average extraction amount
of 30.7 ± 1.6 g of PHA per 100 g of biomass was achieved. After purification with 1-butanol,
a visual difference was observed in the PHA between the tested scenarios, although the
actual purity of the resulting samples did not present a significant difference. The overall
purity increased from 91.2 ± 0.1% to 98.0 ± 0.1%.

Current regulations and legislation require critical revision to determine safety for
alternative water sources and water reuse as part of the solution to the global water crisis.
In order to fulfill those demands, the Lisbon municipality decided to start water reuse
as part of a sustainable hydric resource management, and there was a need to confirm
safety and safeguard for public health for its use in this context. For this purpose, a study
was designed that included a total of 88 samples collected from drinking, superficial,
underground water, and wastewater at three different treatment stages [9]. Quantitative
polymerase chain reaction (PCR) detection (qPCR) of enteric viruses norovirus (NoV)
genogroups I (GI) and II (GII) and hepatitis A (HepA) was performed, and FIB (E. coli,
enterococci and fecal coliforms) concentrations were also assessed. HepA virus was only
detected in one untreated influent sample, whereas NoV GI/NoV GI were detected in
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untreated wastewater (100/100%), secondary treated effluent (47/73%), and tertiary treated
effluent (33/20%). This study proposes that NoV GI and GII should be further studied
to provide the support that they may be suitable indicators for water quality monitoring
targeting wastewater treatment efficiency, regardless of the level of treatment.

Water scarcity remains the major looming challenge which is facing Jordan. Wastewa-
ter reclamation is considered as an alternative source of fresh water in semi-arid areas with
water shortage or increased consumption. The current status of wastewater reclamation and
reuse in Jordan was analyzed considering 30 wastewater treatment plants (WWTPs) [10].
The assessment was based on the WWWTPs’ treatment processes in Jordan, the flowrate
scale, and the effluents’ average total dissolved solid (TDS) contents. Accordingly, 60% of
the WWTPs in Jordan used activated sludge as a treatment technology; 30 WWTPs were
small scale (<1 × 104 m3/day); and a total of 17.932 million m3 treated wastewater had
low TDS (<1000 ppm) that generally can be used in industries with relatively minimal cost
of treatment. Moreover, the analysis classified the 26 million m3 groundwater abstraction
by major industries in Jordanian governorates. The results showed that the reclaimed
wastewater can fully offset the industrial demand of fresh water in the Amman, Zarqa, and
Aqaba governorates. Hence, the environmental assessment showed positive impacts of
reclaimed wastewater reuse scenario in terms of water depletion (saving of 72.55 million
m3 groundwater per year) and climate change (17.683 million kg CO2Eq reduction). The
energy recovery assessment in the small- and medium-scale WWTPs (<10 × 104 m3/day)
revealed that generation of electricity by anaerobic sludge digestion equates potentially
to an offset of 0.11–0.53 kWh/m3. Finally, several barriers and prospects were imposed
to help the stakeholders when considering entering into an agreement to supply and/or
reuse reclaimed water.

We found the edition and selections of papers for this Special Issue very inspiring and
rewarding. We also thank the editorial staff and reviewers for their efforts and help during
the process.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Jing, G.; Ren, S.; Gao, Y.; Sun, W.; Gao, Z. Electrocoagulation: A Promising Method to Treat and Reuse Mineral Processing
Wastewater with High COD. Water 2020, 12, 595. [CrossRef]

2. Othmani, A.; Kesraoui, A.; Boada, R.; Seffen, M.; Valiente, M. Textile Wastewater Purification Using an Elaborated Biosorbent
Hybrid Material (Luffa–Cylindrica–Zinc Oxide) Assisted by Alternating Current. Water 2019, 11, 1326. [CrossRef]

3. Miron, S.M.; Dutournié, P.; Ponche, A. Filtration of Uncharged Solutes: An Assessment of Steric Effect by Transport and
Adsorption Modelling. Water 2019, 11, 2173. [CrossRef]

4. Jellali, S.; Azzaz, A.A.; Jeguirim, M.; Hamdi, H.; Mlayah, A. Use of Lignite as a Low-Cost Material for Cadmium and Copper
Removal from Aqueous Solutions: Assessment of Adsorption Characteristics and Exploration of Involved Mechanisms. Water
2021, 13, 164. [CrossRef]
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Abstract: Mineral processing wastewater contains large amounts of reagents which can lead to
severe environmental problems, such as high chemical oxygen demand (COD). Inspired by the
wastewater treatment in such industries as those of textiles, food, and petrochemistry, in the present
work, electrocoagulation (EC) is applied for the first time to explore its feasibility in the treatment of
wastewater with an initial COD of 424.29 mg/L from a Pb/Zn sulfide mineral flotation plant and its
effect on water reuse. Typical parameters, such as anode materials, current density, initial pH, and
additives, were characterized to evaluate the performance of the EC method. The results showed that,
under optimal conditions, i.e., iron anode, pH 7.1, electrolysis time 70 min, 19.23 mA/cm2 current
density, and 4.1 g/L activated carbon, the initial COD can be reduced to 72.9 mg/L, corresponding to a
removal rate of 82.8%. In addition, compared with the untreated wastewater, EC-treated wastewater
was found to benefit the recovery of galena and sphalerite, with galena recovery increasing from
25.01% to 36.06% and sphalerite recovery increasing from 59.99% to 65.33%. This study confirmed
that EC is a promising method for the treatment and reuse of high-COD-containing wastewater in the
mining industry, and it possesses great potential for wide industrial applications.

Keywords: mineral processing; wastewater treatment; flotation; electrocoagulation (EC); chemical
oxygen demand (COD)

1. Introduction

Wastewater from mineral processing remains a headache for the mining industry not only because
of its large volume, but more importantly, its hazardous components. Among the complicated
residual reagents, the organic reagents receive the most attention due to their high chemical oxygen
demand (COD) levels. Direct discharge of wastewater causes serious environmental pollution, while
its reuse as feed water without proper treatments causes great harm to the recovery and grade
of valuable minerals [1]. To solve this problem, techniques for wastewater treatment have been
intensively developed in the mining industry, such as natural settling, flocculating setting, chemical
oxidation, adsorption, and biodegradation to remove COD [2]. However, these techniques possess
such disadvantages as inefficiency in COD removal, extreme operating conditions, high operation cost,
huge instrument investment, etc. It is worth noting that coagulation–flocculation, the most common
technique in beneficiation plants because of its economy, usually has a relative low COD removal rate
of only 35% [3].
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Electrocoagulation (EC) has become widely used as a wastewater treatment technology in the
past decade and has exhibited a satisfactory removal of COD in diverse fields, such as in textiles [4],
the food industry [5], dairying [6], brackish water [7], and potable water [8]. Its advantages include
easy operation, small area occupation, and a high degree of automation. In the process of EC, iron or
aluminum is usually adopted as the anode material, and each one can lead to a series of similar redox
reactions. Taking the iron electrode as an example, simplified reactions occurring in acidic and alkaline
solutions can be described as follows [9]:

Under acidic conditions:
Fe(s) → Fe2+

(aq)
+ 2e− (1)

2H2O→ O2 + 4H+ + 4e− (2)

4Fe2+
(aq)

+ 10H2O(l) + O2(g) → 4Fe(OH)3(s) + 8H+
(aq)

(3)

Under alkaline conditions:
Fe(s) → Fe2+

(aq)
+ 2e− (4)

Fe2+ + 2OH− → Fe(OH)2 (5)

As shown in above equations, the iron anode is used to generate ions in the aqueous
medium. The generated iron ions are then immediately hydrolyzed to form Fe(OH)3, monomeric
ions, and polymeric hydroxy complexes such as Fe(H2O)6

3+, Fe(H2O)4(OH)2+, Fe2(H2O)6(OH)4
4+,

Fe2(H2O)8(OH)2
4+, and Fe(H2O)5(OH)2+, depending on the solution pH [10]. These hydroxides and

polyhydroxides are excellent adsorbents for counter ions and organic pollutants. In some cases, they
can even form complexes with some of the organics [11]. Pollutants in the wastewater can be treated
by physical and chemical attachment to hydroxides or chemical reactions [12]. After the EC treatment,
separation of precipitation from the liquid is traditionally achieved via a filter process. Then, the filtered
and separated sludge is usually treated using the incineration and landfill treatments [13].

In this paper, EC treatment of sulfide mineral flotation wastewater was applied for the first time,
and the effects of different parameters like anode materials, current density, initial pH, electrolysis
time, and additives on COD removal rate were investigated. The treated water was then recycled as
feed water in the sulfide ore flotation. For comparison, untreated wastewater and fresh water were
used to assess the effects of EC-treated water on the grade and recovery of galena and sphalerite.

2. Materials and Methods

2.1. Samples, Reagents, and Analytical Methods

Samples of mineral processing wastewater and actual ores were all from a Pb-Zn beneficiation
plant located in Southern China. The plant had three different types of wastewater, namely Pb-Zn
flotation wastewater, pyrite concentrate wastewater, and pyrite tailing wastewater, accounting for
70%, 14%, and 16% of the total amount, respectively. In this study, three different types of wastewater
samples were mixed at the above ratio to obtain the mixed wastewater samples. The pH and COD
values of each wastewater are shown in Table 1.

Table 1. Chemical oxygen demand (COD) and pH values of mineral processing wastewater samples in
a Pb-Zn beneficiation plant.

Sample Name pH COD (mg/L)

Pb-Zn flotation wastewater 11.90 434.7
Pyrite concentrate wastewater 9.11 245.3

Pyrite tailing wastewater 8.29 603.2
Mixed wastewater 11.83 424.9
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The H2O2 (30% pure), H2SO4, HCl, and NaOH used in the EC experiments were all of analytical
grades. The granular activated carbon (GAC) was made from a coconut shell.

The pH of the solution was measured by a pH meter (Leici, Shanghai, China). The COD values of
the wastewater were analyzed by fast digestion–spectrophotometric method (HJ/T 399-2007).

The chemical compositions of the actual ore samples were relatively simple. SiO2 and CaO were
the main non-metallic ingredients [14]. The lead and zinc grades in the samples took up 4.17% and
7.18% of the total, respectively. The major metallic minerals were galena, sphalerite, and pyrite. Actual
ore samples were crushed to below 3 mm using a stainless-steel hammer and then ground in a conical
ball mill. The ground products were used as feed samples for flotation tests.

Diethyldithiocarbamate (95% purity) and sodium n-butylxanthate (92% purity) were purchased
from Aladdin Industrial, Shanghai, China. The CaO (analytically pure) and CuSO4 (analytically pure)
used in this study were provided by Kermel Company, Tianjin, China. Terpenic oil (chemically pure)
was obtained from Haoshen Chemical Reagent, Shanghai, China.

2.2. EC Experiments

The EC set-up used in this study is shown in Figure 1. The total volume of the electrolytic cell
was 250 mL, and the experiments were carried out by treating 200 mL wastewater samples for each
run at room temperature. Two pairs of plates (length = 6.5 cm; width = 5.6 cm; thickness = 0.2 cm)
were placed on the electrolytic cell in parallel. The anode and cathode plates were connected to the
positive and negative ports of the QW-MS3010D DC power supply (0–5 A, 0–80 V), with constant load
current. NaOH and H2SO4 solutions were used to adjust the pH. At the end of the experiment, water
was transferred to beakers for two hours of settling, and then the COD value of the supernatant was
measured. Finally, the sludge produced by the EC was filtered, dried, and weighed.

 
Figure 1. Electrocoagulation (EC) experimental set-up: (1) Magnetic stirrer; (2) DC power supply;
(3) electrolytic cell; (4) anode plate; (5) cathode plate; (6) magnetic bar-stirrer.
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The COD removal rate was employed to evaluate the electrocoagulation efficiency, which is
calculated according to the following Equation (6).

R(%) =
COD0 −COD1

COD0
× 100, (6)

where R represents the removal rate of COD (%), COD0 represents the initial COD value of the
wastewater before electrocoagulation (mg/L), and COD1 represents the COD value of the wastewater
after electrocoagulation (mg/L).

2.3. Flotation Experiments

Fresh water, wastewater, and treated water were then used for flotation at room temperature.
The whole process can be divided into two stages: Galena flotation followed by sphalerite flotation.
For each flotation experiment, an 800 g ore sample was ground by a conical ball mill to obtain a product
of 85 wt.% passing 74 μm. After grinding, the ore pulp was transferred to the galena flotation stage,
including single-stage roughing, three-stage cleaning, and single-stage scavenging. The tailing of
galena flotation was used later for sphalerite flotation, where single-stage roughing, two-stage cleaning,
and single-stage scavenging were adopted. In both flotation stages, the concentrates of roughing were
reground to 80 wt.% passing 44 μm in a Φ150 × 100 conical mill. According to the existing process of
the beneficiation plant, sequential addition of regulator, collector, and frother to the flotation cell were
carried out, as shown in Figure 2. After flotation, the products were dried, weighed, and assayed, and
then the recovery was calculated on the basis of the mass and metal balance, as shown in Equation (7).

Figure 2. Flowsheet and corresponding experimental conditions of batch flotation tests using different
types of water.
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ε(%) =
γi ×βi∑n

1 (γi ×βi)
× 100, (7)

where ε is the recovery of product, γi is the yield, and βi is the grade.

3. Results and Discussion

3.1. Effect of EC Parameters on COD Removal Rate of Mixed Wastewater

Unlike anode materials, cathode materials do not have a significant effect on EC efficiency except
in electro-Fenton processes [15]. We have learned that stainless steel is the most widely-used cathode
material in industry, considering its economy and durability [16]. In addition, the distance between
the anode and cathode is suggested to be 1~2 cm, according to previous publications and industrial
experience [17]. After verification, 2 cm was the optimal distance to be adopted in our following
experiments. As the anode material is a prime consideration for EC technique [18], iron and aluminum
plates were used as anode materials in this study. The results of COD removal efficiency with the two
anode materials are shown in Figure 3. When using an iron electrode, the COD value decreases from
424.9 to 158.6 mg/L, which is equivalent to a removal rate of 62.7%. However, when an aluminum
anode is used, the COD value is reduced to 265.1 mg/L, corresponding to a removal rate of 37.7%.
The results indicate that in this study, Fe performs better as the anode material of the EC process.
Therefore, an Fe anode was adopted in the subsequent experiments.

 

Figure 3. Effect of anode materials for EC treatment on mixed wastewater COD value (cathode material:
Stainless steel, current density: 13.74 mA/cm2, pH: 7.1, electrolysis time: 50 min).

Current density is another important parameter that determines the amount of coagulant
produced in the reactor [19]. It has a significant effect on the EC efficiency and electricity consumption.
The experimental results are summarized in Figure 4. Figure 4 shows that COD removal rate first
increases and then declines with the increase of current density. COD removal rate increases from
49.41% to 77.46% as the current density rises to 24.73 mA/cm2. Then, it decreases to 60.42% as the
current density continues to increase to 30.22 mA/cm2. The current density is related to the amount of
dissolved iron ions and the formation of Fe(OH)3, which determines the COD removal efficiency [20].
It can also affect the cell voltage through various overpotentials, which may be conducive to the removal
efficiency of the COD. If the current density is relatively low, the lack of coagulant may restrict the
removal efficiency. Therefore, the curve presents an upward trend at an early stage. However, when the
current density continues to increase to 32.22 mA/cm2, the temperature of treated wastewater increases
significantly. High temperature causes the instability of coagulation, which can lead to a low EC
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efficiency. Furthermore, energy consumption grows gradually with the increase of current density [21].
Taking both the COD removal rate and electricity consumption into account, 19.23 mA/cm2 was used
as the current density for subsequent experiments.

Figure 4. Effect of current density on mixed wastewater COD removal rate (anode material: Fe, cathode
material: Stainless steel, pH: 7.1, electrolysis time: 50 min).

To evaluate the effect of the initial pH, the wastewater samples were adjusted to a preset pH value
using sodium hydroxide or sulfuric acid. The effects of initial pH value on COD removal rate are
shown in Figure 5. The results show that the COD removal rate in the EC process remains around
75.0% in a wide pH value range from 3 to 9. However, when the initial pH increases to 11, the removal
efficiency presents a downward trend with a corresponding removal rate of 71.08%; this is probably
because of the formation of soluble Fe(OH)−4, which is not conducive to the floc formation. On the
contrary, at a neutral or acidic pH, higher removal rates occur as most of the iron complexes are formed.
Hence, subsequent experiments were carried out under neutral pH conditions. pH 7.1 was employed
in the following experiments.

 

Figure 5. Effect of initial pH value on mixed wastewater COD removal rate (anode material: Fe, cathode
material: Stainless steel, current density: 19.23 mA/cm2, electrolysis time: 50 min).

Electrolysis time is another important parameter affecting COD removal efficiency [22]. The results
of the effect of electrolysis time on the COD removal rate are provided in Figure 6. Figure 6 shows that
the COD removal rate increases rapidly in the initial phase, which is due to the increase of coagulant;

10



Water 2020, 12, 595

yet, the growth trend of the COD removal rate gradually slows down with the extension of electrolysis
time. When electrolysis time increases to 70 min, the COD removal rate reaches a plateau at 77.62%
because the adsorption of organic pollutants reaches an equilibrium state. The electrolysis time of
subsequent experiments was set to be 70 min.

Figure 6. Effect of electrolysis time on mixed wastewater COD removal rate (anode material: Fe, cathode
material: Stainless steel, current density: 19.23 mA/cm2, pH: 7.1).

3.2. Effect of Additives on COD Removal Rate of Mixed Wastewater

Under the same current density, an increase of supporting electrolyte concentration can lead to a
decrease of the interelectrode resistance and thus reduce energy consumption. Ghernaout reported
that the addition of a supporting electrolyte can also affect the removal rate of COD [23]. Hence,
the effect of supporting electrolyte concentration on EC efficiency was further studied in this study, and
Na2SO4 was chosen as the supporting electrolyte because of its low cost. The Na2SO4 concentration of
1.0, 1.1, 1.2, and 1.3 g/L corresponded to the current densities of 8.24, 13.74, 19.23, and 24.73 mA/cm2,
respectively. The results of the effect of Na2SO4 addition on the COD removal rate are shown in Figure 7.
The removal rates with the addition of Na2SO4 are much lower than those without Na2SO4. No positive
effect on COD removal efficiency is observed by the addition of Na2SO4, which is consistent with
previous reports [24]. The low removal efficiency can be attributed to the increase of the passivation
layer caused by the addition of Na2SO4 [25].

 

Figure 7. Effect of addition of Na2SO4 on mixed wastewater COD removal rate (anode material:
Fe, cathode material: Stainless steel, pH: 7.1, electrolysis time: 70 min).
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Activated carbon is widely used to adsorb organic compounds in wastewater [26]. In order to study
the effect of activated carbon on the COD removal efficiency with EC, wastewater samples were treated
by GAC adsorption, EC/GAC adsorption (EC plus GAC in one reactor), and EC + GAC adsorption (EC
followed by GAC in different reactors) process, and their results are summarized in Figure 8.

Figure 8. Effect of granular activated carbon (GAC) treatment on mixed wastewater COD removal
rate (anode material: Fe, cathode material: Stainless steel, current density: 19.27 mA/cm2, pH: 7.1,
electrolysis time: 70 min).

The Figure 8 shows that the COD removal rate using GAC alone is low (only 25.7%) when the
GAC dosage reaches 6.47 g/L, indicating that GAC adsorption has little effect on the residual reagents
in mineral processing wastewater. When wastewater is treated by the EC process alone, the COD
removal rate is 77.62%. Compared with EC or GAC alone, both the EC/GAC and EC + GAC processes
can improve COD removal. However, it is worth noting that the COD removal rate of EC/GAC is
higher than that of EC + GAC. At a dosage of 2.94 g/L GAC, the COD decreases from 424.9 to 74.9 and
83.3 mg/L, corresponding to removal rates of 82.37% for EC/GAC and 80.4% for EC/GAC, respectively.
Therefore, the EC/GAC process was adopted in the subsequent experiments.

It can be concluded that the adsorption of GAC alone cannot be used as an effective treatment
method for sulfide mineral flotation wastewater. In the EC/GAC system, GAC acts as a moving
particle electrode to accelerate electron transfer rate and hence improve the processing efficiency [27,28].
The main reason is that it is essentially a three-dimensional electrochemical process which is not
stable [29].

The sludge produced is around 5.8 kg/m3 of wastewater under the optimal processing conditions.
It can be considered as a valuable resource because of its high Fe content of about 45.5%. Further
research on the sludge recycling utilization will soon be reported separately.

Furthermore, the effect of H2O2 concentration on EC efficiency was studied, and the results can
be seen in the Supplementary Materials (Figure S1 and Figure S2).

3.3. Effect of EC Treatment on COD Removal Rate of Different Types of Wastewater

Through the above experiments, the optimum treatment conditions of mixed wastewater were
obtained (iron anode, pH 7.1, 70 min electrolysis time, 19.23 mA/cm2 current density, and 4.1 g/L
activated carbon). Under these optimum conditions, Pb-Zn flotation wastewater, pyrite concentrate
wastewater, pyrite tailing wastewater, and mixed wastewater were treated, respectively. The results
are shown in Figure 9.
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Figure 9. Effect of EC treatment on the COD values and COD removal rates of four different types
of wastewaters.

The COD removal rates for the above four types of wastewaters are 80.24%, 79.33%, 85.05%,
and 82.84%, respectively. The results indicate that the higher the COD value of wastewater is, the
better efficiency the corresponding EC experiment obtains. The pyrite tailing wastewater with the
highest COD value has the highest COD removal rate, followed by mixed wastewater, Pb-Zn flotation
wastewater, and pyrite concentrate wastewater.

3.4. Effect of Water Type on the Grade and Recovery of Pb/Zn Sulfide Mineral Flotation

The above experimental results confirmed that EC is an effective technique for COD removal of
the sulfide mineral flotation wastewater. To further investigate the possibility of reusing the EC-treated
water as the feed water, flotation experiments were carried out, and their results are shown in Tables
S1–S3, respectively. The comparison of the Pb/Zn grades and recovery rates using different types of
water during flotation is presented in Figure 10.

 

Figure 10. Cont.

13



Water 2020, 12, 595

 

Figure 10. The grade and recovery of Pb (a) and Zn (b) sulfide flotation concentrates using different
types of water.

The Pb recovery using different types of water obeys the following order: Treated water (36.06%)
> fresh water (30.54%) > wastewater (25.01%), whereas the order of Pb grades is: Fresh water (71.73%)
> wastewater (57.62%) > treated water (51.91%). The experimental results indicate that flotation using
treated water can significantly improve the Pb recovery, while the Pb grade is reduced.

In terms of Zn concentrate, a similar Zn grade is obtained with different types of waters (around
56%). The Zn recovery obeys the following order: Fresh water (68.61%) > treated water (65.33%) >
wastewater (59.99%). Compared with the untreated wastewater, EC-treated water is more conducive
for the increase of Zn recovery without affecting the Zn grade.

4. Conclusions

This study provides the latest evidence that EC is a promising method for treating and recycling
mineral processing wastewater. Different factors were investigated to obtain optimal experimental
conditions, i.e., iron anode, pH 7.1, 19.23 mA/cm2 current density, 70 min electrolysis time, and 4.1 g/L
activated carbon. Under the optimal conditions, the COD of the mixed wastewater decreases from
424.9 to 72.9 mg/L. The addition of a supporting electrolyte like Na2SO4 can be harmful to the removal
of COD. The COD removal rate of wastewater with the highest COD value is highest. Moreover,
flotation results show that the recoveries of both Pb and Zn using EC-treated water are higher than
those of directly using wastewater or fresh water. The results imply that the EC technique can provide
a new direction for recycling mineral processing wastewater. This study provides novel insights
into dealing with wastewater in the mining industry, and is meaningful in both environmental and
economical ways.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/2/595/s1:
Figure S1: Variation of COD removal rate with dosage of H2O2 (Anode material: Fe, Cathode material: Stainless
steel, Current density: 19.23 mA/cm2, pH: 3.0, Electrolysis time: 70 min), Figure S2: Effect of H2O2 on the boundary
between mud and water, Table S1: Flotation tests results with fresh water, Table S2: Flotation tests results with
mixed wastewater, Table S3: Flotation tests results with treated water.
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Abstract: This paper aims to synthesize hybrid materials with high pollutant-uptake capacity and
low costbased based on Luffa cylindrica (L.C) and different percentage of Zn2+ in the presence and
absence of alternating current (AC). Physico-chemical, morphological and structural characterizations
of the hybrid materials were performed by Boehm method, point zero charge (pHpzc), infrared
characterizations (IR), scanning electron microscopy (SEM), energy–dispersive spectroscopyand and
X-ray photoelectron spectroscopy. The efficiency of the designed hybrid materials was optimized
based on their performance in water depollution. Methylene blue (MB) and industrial textile
wastewater were the investigated pollutants models. IR characterizations confirmed the fixation
of Zn2+ onto the L.C by the creation of Zn-OH, Zn-O and Zn-O-C bonds. Boehm titration showed
that the fixation of Zn2+ onto L.C is accompanied by an increase of the basic functions of its surface
and subsequently an increase in the pHpzc. SEM results confirmed the fixation of Zn2+ onto the L.C
coupling AC with biosorption showed an increase in the adsorbed amount of MB and speed when
adding the 4% of Zn2+ compared to the pure L.C the Qm shifted from 3.22 to 9.84 and 8.81 mg/g,
respectively, for hybrid materials synthesized under AC, in absence of AC and pure L.C.

Keywords: alternating current; coupling; hybrid material; biosorption; wastewater reuse

1. Introduction

Textile dying wastewaters are classified among the most highly toxic effluents [1,2]. Numerous
processes have been suggested for treatment and purification such as biological treatment [3],
coagulation-flocculation [4], adsorption [5], ultrafiltration [6], electrocoagulation [7], reverse osmosis [8]
and anodic oxidation [9]. The current research was devoted to water remediation through the
valorization of the abundant renewable resource of cellulosic fibers [10]. Brown algae [11], Bacillus
maceran [12], Posidonia oceanica [13], corn stigmas [14], Agave Americana [15], Luffa cylindrica [16], fly
ash and red mud [17], raw date pits [18] and Phragmites australis [19] are widely used as a natural and
cheap biosorbent for a pollutant removal. However, achieving a quick adsorption kinetic with a high
possibility of water reuse after filtration absolutely depends on the biosorbent efficiency.

Hybrid materials are praised for not only intermediate properties between mineral and organic
matter but also for new interesting behaviors that allow them to be used in several fields of applications.
Such domains include catalytic applications, medical and pharmaceutical applications, optoelectronics,
the environment, and biomaterials [20,21]. Hybrid materials can be prepared by several methods such
as chemical vapor deposition (CVD) [22], physical vapor deposition (PVD) [23], laser ablation and
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sputtering [24]. The synthesis of hybrid materials based on cellulose and zinc oxide is the objective
of recent studies. Perelshtein et al. (2009) developed a composite based on cotton fibers and zinc
oxide. They synthesized the ZnO particles and then deposited them on the cotton surface by ultrasonic
irradiation (sonochemical method) [25]. Weili et al. (2010) have succeeded in synthesizing a hybrid
matrix based on wurtzite-cellulose ZnO bacteria by the thermal decomposition method. This new
hybrid material obtained plays a very important role in improving the photo catalytic activity of
anionic dyes such as, orange methyl [26].

However, the techniques used for the synthesis of hybrid materials are expensive. Other
researchers have developed less expensive techniques such as the electrochemical method [27], spray
pyrolysis [28] and sol-gel process [29]. Recently, Kesraoui et al. (2018) reported that the precipitation
method can be a simple and cheap method used for the synthesis of hybrid materials. They have
successfully synthesized hybrid material base on L.C and metal oxides (ZnO, Al2O3). These last
showed a good ability for dyes removals compared to the pure Luffa cylidnrica (L.C) [30]. According to
literature, the synthesis of hybrid materials based on compounds containing cellulose and ZnO can
present interesting properties allows it to be used in several applications.

However, the removal process often requires a lot of time to reach the balance. Therefore, coupling
environmental security (there is no transformation of the initial molecule to toxic compounds as for the
oxidation process), low cost, final efficiency, and quick process remains a very important stake.

Taking into account these considerations, a set of aims are proposed in this paper, the synthesis
of a high performing hybrid material based on Luffa cylinrdica (L.C) and metal oxide with high
pollutant-uptake capacity and low cost by an easy precipitation method in absence and presence
of alternating current (AC). Since their good affinity for the removal of several pollutants and their
interesting physical and chemical properties, L.C and ZnO were considered for the synthesis of the
hybrid materials [31,32]. Two main pollutants were taken as models in this study; a cationic dye
the methylene blue (MB) taken as a model of dye and an industrial textile wastewater. A detailed
investigation of the physicochemical, morphological and structural characterizations was carried out
using Boehm titration. Also, Drift method, scanning electron microscopy (SEM), Energy-dispersive
spectroscopy (EDS), infrared spectroscopy (IR) and X-ray photoelectron spectroscopy (XPS) analysis
were performed. The possible pathway of the Zn2+ fixation into the L.C fibers and the mechanism of
possible interaction of MB onto the lignocellulosic surface are suggested. The mathematic modeling
was also supplied using the stochastic model of Brouers-Sotolongo.

2. Material and Methods

2.1. Materials

Methylene blue (MB) (purity: 95%) from Fluka™ (manufacturer, Streinheim, Germany), with
chemical formula C16H18N3SCl and molar mass 319.85 g/mol, was chosen as commercial dye model
for this study.

Zinc nitrate (Zn(NO3)2.6H2O; Hexahydrate Purified), sodium chloride (NaCl), sodium bicarbonate
(NaHCO3), sodium carbonate (Na2CO3) and sodium hydroxide (NaOH) (purity 99%) were obtained
from LOBA CHEMIE (Wodehouse road, Mumbai, India).

The biosorbent used for the synthesis of the hybrid material was fruits of Tunisian Luffa cylindrica
fibers. This biosorbent was purchased at the local market Sousse. The chemical composition of these
fibers was determined by Kesraoui et al. (2016). These fibers are composed of 54% of cellulose, 11% of
lignin, 5% of pectin, 7% of fats and waxes and 23% hemicelluloses [33].
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2.2. Methods

2.2.1. Biosorbent and Adsorbate Preparation

Tunisian Luffa cylidnrica (L.C) was chosen as a natural biosorbent in this paper. The preparation
of this biosorbent consisted of cutting the fibers finely, washing them several times to remove all
impurities and drying them at 70 ◦C until the material was completely dried. As for the adsorbate
preparation, it consisted of dissolving 10 mg of MB in 1 L of distilled water to obtain the desired
concentration (10 mg/L).

2.2.2. Preparation of Hybrid Materials L.C+ (1%, 2%, and 4% Zn2+) in Presence and Absence of AC

The Zn2+ precursors of solution were obtained from (Zn(NO3)2·6H2O (Hexahydrate Purified)
Sigma-Altrich (99%) (Wodehouse road, Mumbai, India).

The preparation of the hybrid material with different percentages of Zn2+ (1%, 2%, and 4%)
consists inmixing 5 g of L.C (size 250 μm) with 0.05, 0.1 and 0.2 g of Zn(NO3)2·6H2O respectively. Each
composite was dissolved with the biomass in 100 mL of distilled water at 298 K at pH = 10, under
stirring for two hours. The size of the fibers used was chosen after sieving using an electric sifter and
after studying the effect of fiber grain size (40, 80, 125 and 250 μm on the biosorption efficiency). Then,
the product was washed several times using distilled water to remove the excess of Zn(NO3)2·6H2O
which has not been fixed onto the surface of L.C. Thereafter, the product obtained was transferred to a
sand bath to dry it at 393 K for two hours. A similar experiment was done for the synthesis of the
hybrid material under AC using two zinc electrodes (1.3 × 2.5 cm2; purity 99%) immersed into the
solution while stirring. The electrical mounting comprising an AC source, a voltmeter to fix the current
density at 0.5 A/m2 and the voltage at 15 volts.

2.3. Morphological and Crystallographic Characterizations of Hybrid Materials

Morphological and structural characterizations were done in order to characterize the hybrid
material synthesized in the presence and absence of AC.

Infrared characterizations (IR) were performed using a Perkin Elmer Spectrum using KBr pellet
technique in the frequency range of 4000 to 500 cm−1. Scanning electron microscopy (SEM) was
performed using a JEOL JSM 5400 scanning microscope (USA) after coating them with gold using
a JEOL JFC-1199E ion sputtering device (USA). Energy dispersive spectroscopy (EDS) was planned
to assess the surface elemental compositions of raw and the hybrid materials L.C +4% Zn2+ using
a JEOL JSM 5400 scanning microscope. EDS was performed after coating them with gold using a
JEOL JFC-1199E ion sputtering device. X-photoelectron spectroscocopy (XPS) measurements were
performed at room temperature with a SPECS PHOIBOS 150 hemispherical analyzer (SPECS GmbH,
Berlin, Germany) in a base pressure of 5 × 10−10 mbar using monochromatic Al Kalpha radiation
(1486.74 eV) as an excitation source.

2.4. Quantitative and Qualitative Characterization of the Pure L.C and the Hybrid Material L.C-Zn2+

The physicochemical characterization of the pure L.C and the synthesized hybrid materials was
determined by the Drift method and the Boehm titration. The determination of the zero charge point
pH (pHpzc) consisted of placing 0.1 g of L.C in 30 mL of NaCl solution (0.01 M) at different pH ranging
from 2 to 12. The initial pH is obtained by adding a certain amount of NaOH or HCl (1 M). For the first
24 h, the pH must be measured and then this operation must be repeated during the second 24 h in
order to register the difference in pH. By plotting the pHf = f (pHi) curve, the pHpzc corresponds to the
intersection of this curve with the straight line pHf = pHi [34].

The determination of acid-basic properties by Boehm method consisted in bringing onto contact
0.5 g of each lignocellulosic material with 25 mL of one of these bases: NaHCO3, Na2CO3 and NaOH
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(0.1 M) for 48 h with stirring. 10 mL of each solution was back-dosed with NaOH solution (0.1 M) after
acidification with an excess of 0.1 M of hydrochloric acid [35].

2.5. Biosorption of MB onto the Synthesized Hybrid Material

The experiments used for the MB removal by biosorption have been performed in batch reactor
by adding 0.1 g of adsorbent (Pure L.C, hybrid material elaborated by precipitation) in 100 mL of MB
solution (pH = 10, Ci = 10 mg/L, J = 0.5A/m2, voltage = 15 volts, T = 298K). The electrical mounting
comprising an AC source and a voltmeter. All the analyses were carried out in triplicate.

After biosorption, residual concentrations were determined by UV visible spectrophotometer
biochrome Libra S.22 at λ = 663 nm based on the following equation [36]. Plastic and quartz cuvettes
were used for absorbance tests.

Dye removal (%) =
(Ci −Ct)

Ci
× 100 (1)

where Ci is the initial dye concentration (mg/L) and Ct is the dye concentration at any time (mg/L).

2.6. Kinetics Studies

The evaluation of the MB biosorption in terms of adsorbed quantity was done following the
Equation (2) [37].

Qt =
Ci −Ce

m
×V (mg/g) (2)

where Qt is the adsorbed quantity at equilibrium time, Ci is the initial MB concentration (mg/L), Ce is
the residual MB concentration at any time (mg/L), V is the volume of solution (L) and m is the mass of
the adsorbent (g). At equilibrium, Ci is equal to Ce and Q is equal to Qe [38].

Brouers-Sotolongo (B.S) model was used to fit the experimental data of MB biosorption. The
generalized kinetic equation of the Brouers-Sotolongo model has been developed to provide a universal
function for the kinetics of complex systems characterized by exponential law and/or power exponent
behaviors. This kinetic model unifies and generalizes previous theoretical attempts to describe what is
called “fractal kinetics”. The mathematical development of this model and its application are presented
in Brouers and Sotolongo [39–41].

The pseudo BSf (n, α) sorption kinetics is given by Equation (3):

Qt = Qe[1− (1 + (n− 1)
( t
τc

)α
)

−1
n−1

] (3)

where, n is order of the fractional reaction, α is “fractal time” exponent.
τc: characteristic time, Qe: the adsorbed quantity at saturation, Qt: the adsorbed quantity at

any time.

2.7. Evaluation of the Treated Water Qualities

2.7.1. Determination of Chemical Oxygen Demand (COD) and Total Organic Carbon (TOC)

The global mineralization was determined by measuring the chemical oxygen demand (COD) by
a photometric method. The % COD removal can be estimated by (Equation (4)) [37].

COD removal (%) =
CODi −CODt

CODi
× 100 (4)

where CODi is the initial COD (g/L O2) and CODt is the residual COD at any time (g/L O2).
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The total organic carbon (TOC) in the solutions of MB and industrial wastewater was measured
by a TOC analyzer (HACHIL, 550-TOC-TN model, Schwerte, Germany) and the TOC removal can be
estimated as follows:

TOC removal (%) =
TOCi − TOCt

TOCi
× 100 (5)

where, TOCi and TOCt are respectively the initial total organic carbon and the total organic carbon
obtained after fixed time t of electrolysis treatment (ppm C.O).

2.7.2. Germination Tests

The phytotoxicity test consists in the determination of the inhibitory effect of the treated water on
the germination and growth potential of lettuce based on the GI. All sample experiments, including
reference (pure water), were tripled. The results obtained are finally expressed according to the
following relation [42]:

GI(%) =
number of seeds sprouted in the sample

number of seeds sprouted in the reference × averagelength of root in the sample
average root length in the reference × 100 (6)

3. Results and Discussion

3.1. Surface Characterizations

3.1.1. Energy-Dispersive Spectroscopy (EDS) Analysis

The zinc deposit was analyzed with EDS (Table 1). Carbon and oxygen were the major compounds
of L.C and hybrid materials due to their chemical composition (cellulose, hemicellulose, and lignin). In
addition, the appearance of the Zn atom confirmed its fixation onto the surface of L.C. The AC enhanced
the distribution of Zn2+ into the L.C fibers where the rates according to the mass of Zn reached about
1.19% and 0.95% respectively for the hybrid material synthesized in presence and absence of AC.

Table 1. Percentages by mass of the chemical elements present on the fiber surface of the raw Luffa
cylindrica (L.C) and the hybrid materials L.C + 4% Zn2+ and L.C + 4% Zn2+ + AC.

C O Na Mg Al Si P S Cl Ca Mo Zn

L.C 54.46 40.60 0.45 0.38 0.80 1.10 0.29 0.00 0.35 1.40 0.17 0.00
L.C + 4% Zn2+ + AC 57.01 35.64 0.00 0.38 4.78 0.00 0.00 0.00 1.00 0.00 0.00 1.19

L.C + 4% Zn2+ 50.43 40.18 0.00 0.79 4.58 2.40 0.00 0.08 0.59 0.00 0.00 0.95

3.1.2. Infrared Spectroscopy (IR)

Figure 1 shows that the spectrum of pure L.C has a vibration band at 3438 cm−1 which corresponds
to the O-H bond present in cellulose, hemicellulose, and lignin. In the presence of different percentages
of Zn2+ (1%, 2%, and 4%), obtained by precipitation (Figure 1a), the band of hydroxyl groups is
observed at 3435, 3430 and 3414 cm−1. The decrease in the position of these bands can be attributed
to the presence of elongation vibration of the Zn-OH bond, between Zn2+ and cellulose [43]. These
results indicate that the hydroxyl groups have a strong interaction with Zn2+.
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Figure 1. Spectrum of pure L.C and L.C + (1%, 2% and 4% Zn2+) synthesized (a) in presence of
alternating current (AC) and (b) in the absence of AC.

The appearance of 1383 peaks at 4% L.C-Zn2+ is probably due to symmetric Zn-O-C vibration [44].
The bands at 1032.56, 1016.77 and 1016 cm−1, which correspond to the vibration of the C-O bond,
increase in intensity, which can be attributed to the appearance of the Zn-O-C bond.

Based on Figure 1b, the rising of the percentages of Zn2+ added during the synthesis of hybrid
materials by precipitation under AC caused the decrease of the position of the band of hydroxyl groups.
This last passed from 3438 cm−1 to 3430, 3427and 3420 cm−1. This decrease in position can be attributed
to the formation of Zn-OH stretching vibration [45].

Furthermore, we note the appearance of the Zn-O bond is proven by the appearance of peaks at
1383, 517 and 485 cm−1 [46].

The bonds located at 1032.56, 1016.77 and 1016 cm−1 correspond to the vibration of the C-O bond.
An increase in the intensity of these bonds was shown when adding the Zn2+. This increase can be
explained by the appearance of the Zn-O-C bond.

The band located at 1383 cm−1 presents the main difference between the IR spectrum obtained the
hybrid materials synthesized in the presence and absence of AC. For the hybrid material synthesized
under AC, the band at 1383 cm−1 appears from 1% of Zn2+. While the hybrid material synthesized by
precipitation this band appears only for 4 % of Zn2+. This behavior is probably due to the effect of AC
on the fixation of Zn2+ ions into the L.C fibers by the creation of Zn-O-C bonds.

3.1.3. X-ray Photoelectron Spectroscopy (XPS) Analysis

XPS measurements were performed in order to clarify the main difference between the syntheses
of the hybrid material with and without AC. Based on IR characterizations; Zn is strongly bound to the
lignocellulosic surface by OH hydroxyl ions which are confirmed by the presence of O-Zn-O and O-Zn
bonds. Figure 2 displays the main XPS results for the hybrid material L.C + 4% Zn2+ synthesized in
the presence and absence of AC. The high-resolution XPS spectra of C(1s), O(1s), Zn(2p), Zn LMM+

show noticeable differences between the material synthesis by the two methods. However, neither of
them showed any impurities. The C(1s) peak, depicts a chemical shift by +/−0.5 eV in comparison with
the C(1s) spectra observed for the hybrid material synthesized in absence of AC (not AC) (282.5 eV)
towards a relatively high binding energy positioned at 283 eV specific to C=O and O–C–O [47]. Similar
behavior was observed for the O(1s) peak which is positioned at the binding energies of 529.9 and
531.2 eV for the hybrid material L.C + 4% Zn synthesized in absence and presence of AC, respectively.
These contributions can be assigned to O2− ions in the Zn-O bonding and to O–H groups of adsorbed
water molecules [48]. The four peaks observed at the binding energies of 1017.5, 1020 and 1040 and
1044.5 eV, correspond respectively to the zinc oxide (ZnO) and the spin orbit of Zn (2p3/2) and Zn
(2p1/2) for the material synthesized in absence of AC [48]. In presence of AC, two main peaks located
at 1021 and 1043.5 eV are assigned to the Zn(2p3/2) and Zn(2p1/2) energy levels.
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Figure 2. Spectra of C1S, O 1s, Zn 2p and Zn LMM of various morphologies of L.C + 4% Zn2+

synthesized in presence of AC (-) and absence of AC (not AC -).

Both of these were symmetrical and narrow, indicating the absence of the zinc oxide. Despite this
difference, these peaks of the Zn(2p) detected in both hybrid materials are related to Zn-O bonding
as confirmed by previous studies [49]. Furthermore, we determined a small offset followed by a big
discrepancy in terms of the intensities of peaks which were higher in case of the use of AC. These
findings indicated that the obtained Zn does not occur in the same oxidation state and even if they
are similar in number. It can also be attributed to the depth distribution of the atoms. This increase
in intensity is explained by the diffusion of atoms towards the surface which was more pronounced
compared to the hybrid material synthesized without AC. This behavior might stem from the difference
in the local chemical environment. It can also be directly related to the number of atoms in the
corresponding chemical state, which is confirmed by the signal Zn LMM Auger region. Another
possibility is the sharing of the element with its neighbor atoms which applied a crystal field on it.
This can also be interpreted in terms of the asymmetry in the bond arrangement which can create extra
pressure on the element—so, the binding energy required for the ejection of the electron is slightly
higher than its previous case. In the light of these results, we confirm the fixation of Zn2+ onto the L.C
by the creation of Zn-O bond as proven by IR characterizations for both methods used for the synthesis
of the hybrid material. However, the environment of Zn bonding is slightly different.

3.1.4. Scanning Electron Microscopy (SEM) Analysis

SEM characterizations were performed to gain further insight into the distribution of Zn2+

obtained from (Zn(NO3)2·6H2O on the L.C surface by precipitation in presence and absence of AC.
Figure 3 shows the obtained micrograph of the pure L.C (Figure 3a), hybrid material (L.C + 4% Zn2+)
synthesized by precipitation (Figure 3b), and hybrid material (L.C + 4% Zn2+) synthesized under
AC (Figure 3c). L.C presents a rough structure and a homogeneous appearance which is formed by
bonded multicellular fibers (Figure 3a). This indicates that the existence of a large number of hydroxyl
groups could provide effective interaction between L.C and Zn2+ [26,50]. Figure 3b,c refer to the hybrid
material (L.C + 4% Zn2+) synthesized in the absence and presence of AC. Here the Zn2+ deposit is well
visible and well-fixed onto the L.C and exhibits good dispersion without significant aggregation. The
use of AC has enhanced the distribution of Zn2+ into the L.C fibers.
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Figure 3. Images of (a) pure L.C, (b) L.C + 4% Zn2+ synthesized in absence of AC, (c) L.C + 4% Zn2+

synthesized in presence of AC.

3.1.5. Surface Chemical Analysis of Pure L.C and Hybrid Materials

Table 2 shows the main pHpzc values obtained for the pure L.C and the synthesized hybrid
materials. The presence of zinc increased the pHpzc which made the fibers slightly basic. In addition,
pHpzc increases with increasing the percentage of zinc added.

Table 2. pHpzc of hybrid material synthesized in absence and presence of AC.

Samples pH pzc under AC pH pzc without AC

Pure L.C 7.38 ± 0.021 7.38 ± 0.021
L.C + 1% Zn2+ 7.57 ± 0.008 7.41 ± 0.016
L.C + 2%Zn2+ 7.77 ± 0.005 7.69 ± 0.012
L.C + 4% Zn2+ 7.96 ± 0.005 7.86 ± 0.012

The pHPZC of L.C is equal to 7.38. This result shows that the surface of L.C has a positive charge at
pH values below pHPZC and should, therefore, be able to adsorb anions and a negative charge at pH
values above pHPZC and should, therefore, be able to adsorb cations [51].

On the other hand, according to Table 3, for the pure L.C, the amount of base and the total amount
of acid groups are approximately equal. These results suggest that L.C fibers have an amphoteric
character. This amorphous character confirms the result found by the pHPZC (7.38).
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Table 3. Different functional groups obtained on the adsorbent surfaces.

Adsorbent
Acidic Function (×10−4 mmol/g) Basic Function (×10−4

mmol/g)
Carboxylic Phenolic Lactonic Total

Pure L.C 0.397 ± 0.002 0.935 ± 0.003 0.178 ± 0.008 1.510 ± 0.005 1.560 ± 0.0008
L.C + 1%Zn2+ 0.280 ± 0.002 0.790 ± 0.004 0.200 ± 0.001 1.280 ± 0.001 1.610 ± 0.0005
L.C + 2% Zn2+ 0.201 ± 0.002 0.544 ± 0.003 0.310 ± 0.002 1.055 ± 0.002 1.700 ± 0.0004
L.C + 4% Zn2+ 0.170 ± 0.002 0.400 ± 0.002 0.430 ± 0.002 1.000 ± 0.001 1.810 ± 0.0007

L.C + 1% Zn2+ + AC 0.220 ± 0.001 0.503 ± 0.001 0.270 ± 0.002 0.993 ± 0.0009 1.560 ± 0.0006
L.C + 2%Zn2+ + AC 0.198 ± 0.0008 0.399 ± 0.002 0.390 ± 0.0008 0.987 ± 0.0006 1.790 ± 0.0003
L.C + 4%Zn2+ + AC 0.155 ± 0.001 0.236 ± 0.001 0.511 ± 0.0005 0.902 ± 0.0005 1.920 ± 0.0001

The carboxylic and phenolic functions of hybrid materials synthesized under AC (L.C + Zn2+ +

AC) are lower than those synthesized in absence of AC (L.C + Zn2+) (0.155 ± 0.001 and 0.170 ± 0.002
for the carboxylic functions, 0.400 and 0.230 for the phenolic functions, respectively). These findings
confirm the increase of pHpzc obtained during the synthesis of the hybrid material in presence of
AC (7.96 ± 0.005) which was slightly higher than that obtained during the synthesis in its absence
(7.86 ± 0.012). It is apparent that the addition of Zn2+ and the use of AC slightly influenced the
functional groups of hybrid materials obtained. Such behavior can be explained by the increase in the
number of available sites on the surface of the materials, which enhances the uptake capacity of such
materials and accelerates the biosorption kinetics.

Furthermore, the basic and lactonic functions of L.C-Zn2+ + AC are higher than those of
L.C-Zn2+(1.920 ± 0.0001 and 1.810 ± 0.0007 for basic functions and 0.511 ± 0.0005 and 0.430 ± 0.002 for
lactonic functions, respectively). According to Mahdoudi et al. (2015), the increase in basic functions
is probably due to partial or total deprotonation of the active sites of the hybrid material. Therefore,
the fixation of zinc onto L.C is accompanied by an increase of the basic functions of its surface and
subsequently an increase in the pHpzc. The dissociation of the surface oxygen groups of the acidic
groups (carboxylic, lactone and phenol) confers a negative charge on the surface of Luffa cylindrica.
Thus, the surface acid sites are of Brönsted type [52]. With regard to the positive charge, this may result
from the existence of basic oxygen groups such as pyrones or benzopyran.

3.2. Kinetics of MB Bbiosorption Assisted by AC

The MB biosorption tests were performed at an initial dye concentration of 10 mg /L, pH = 10, a
mass of the adsorbent of 0.1 g and a temperature of 298 K, V = 15 volts, J = 0.5 A/m2.

Figure 1 shows that the method of elaboration of the hybrid material has a great influence on
the biosorption capacity. Indeed, the adsorbed quantity of the highest MB is obtained by the hybrid
material (L.C + 4%Zn2+ + AC). As a result, the adsorbed amount of MB increased from 3.22 mg/g for
pure L.C to 8.81 mg/g for L.C + 4% Zn2+ and 9.84 mg/g for L.C + 4% Zn2+ + AC. Similarly, the MB
removal rates reached about 98.4, 88.1 and 31.4% respectively for the hybrid material L.C + 4%Zn2+

synthesized in the presence and absence of AC and the pure L.C (Figure 4).
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Figure 4. Kinetics of retention of methylene blue (MB) onto different materials used L.C; pH = 10,
Ci = 10 mg/L, m = 0.1 g, T = 298 K. (a) hybrid material L.C + 4% Zn2+ synthesized in presence of
AC, (b) hybrid material L.C + 4% Zn2+ synthesized in absence of AC, (c) % color removal using
different materials.

The use of AC in the synthesis of the hybrid material for different percentages of Zn2+ improved
the quantities adsorbed as well as the time required for the process. This behavior can be explained by
the facility of the access of pollutants into the biosorbent pores and the availability of more active sites
for biosorption offered by the synthesized hybrid materials.

Contrariwise, the best results were obtained for hybrid materials L.C + 4% Zn2+ synthesized in the
presence and absence of AC as the Qmax reached, respectively, 9.83 mg/g and 8.81 mg/g. Interestingly,
the high amount of added Zn2+ assures the increase of superficial negatively charged groups obtained
by lactonic function (as confirmed by Boehm titration). Therefore, this increase of negatively charged
groups increased the biosorption capacity.

When comparing biosorption when using hybrid material synthesized in the presence of AC and
those synthesized in its absence as well as the pure L.C, definitely, the speed of biosorption and the
capacity uptake were greatly enhanced. While the time required for the biosorption of MB is almost
lower than that required when using the pure L.C and hybrid materials synthesized in the absence of
AC. This is probably due to the existence of the electric field which increased the speed of movement
of the molecules of MB and facilitated their access into the active sites.

3.3. UV Characterizations

To forecast the main phenomena that may occur during the MB biosorption, an UV-visible
characterization was performed as shown in Figure 5. The characterization was done in order to
compare the initially existing bands and the new ones that may appear during the biosorption
of MB assisted by AC. The initial MB spectra display three main peaks located at 293,602 and
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663 nm corresponding to the chromophore (dimethylamino group) and the aromatic rings in the MB
molecule [53]. After MB biosorption, a decrease in the intensity of peaks recorded in the visible range
at λmax = 663 nm relative to the naphthalene group [54] was observed for all biosorbent used. No new
band appeared, thus indicating that no intermediates appeared and confirming that the color removal
is probably due to a biosorption and not to an oxidation process which was probably due to the azo
groups. It is interesting to note that the biosorption of MB was particularly important by using the
hybrid material L.C + 4% Zn2+ synthesized by precipitation under AC (Figure 5a) compared to the
pure L.C (Figure 5c) and hybrid material synthesized in absence of AC (Figure 5b). In addition, the
biosorption was rapidly obtained and within 120 min and a steady state concentration was achieved
indicating a great ability of hybrid material for dye removal. On the contrary, the MB biosorption was
tardier and the removal efficiency was lower when using the pure L.C (Figure 5c).

 

 
Figure 5. Spectra of MB biosorpion assisted by AC using (a) hybrid material L.C + 4% Zn2+ synthesized
in presence of AC, (b) hybrid material L.C + 4% Zn2+ synthesized in absence of AC and (c) pure L.C, Ci

= 10 mg/L, pH = 10, mL.C = 0.1g, V = 0.1 L, T = 298 K.

3.4. Modeling of the Biosorption of MB Assisted by AC Using Brouers Sotolongo (B.S) Model

The biosorption mechanism of MB onto pure L.C and hybrid materials elaborated by precipitation
in the presence and absence of AC was studied by B.S model. The surface of the biosorbent is
heterogeneous. The functions are distributed randomly hence the need to use a stochastic model (B.S).
This model was chosen based on the coefficient of determination (R2), the non-linear chi-square test
(χ2) and the calculated Qe (Table 4 and Table S1 in the complementary information).
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Table 4. Comparative results for the B.S model.

Biosorbent Used Qexp (mg/g) Qthe (mg/g) R2 χ2 α τc

Brouers Sotolongo n = 1

Pure L.C 3.22 4.33 0.9999 0.0001 0.99 91.52
L.C + 1% Zn2+ + AC 6.06 5.97 0.9995 0.0005 1.11 56.14
L.C + 2% Zn2+ + AC 7.33 7.41 0.9999 0.0005 1.27 47.98
L.C + 4% Zn2+ + AC 9.84 9.31 0.9999 0.0001 5.41 36.83

L.C + 1% Zn2+ 5.47 5.40 0.9999 0.0001 0.99 59.01
L.C + 2% Zn2+ 7.27 7.22 0.9999 0.0004 1.06 49.13
L.C + 4% Zn2+ 8.81 8.64 0.9999 0.0001 3.64 39.55

Table 4 shows that B.S model BSf (1, α) presents the best fit to experimental data related to MB
biosorption by L.C and hybrid materials. Indeed, the B.S model BSf (1, α) has the highest coefficient of
determination and the lowest nonlinear chi-square test. In addition, the Qe calculated by this model
gives acceptable values.

The comparison of the values of τc calculated from BSf (1, α) shows that L.C + 4% Zn2+ + AC
has the lowest value of τc (36.83). These results indicate that the AC synthesized hybrid materials
remarkably improve both the adsorption capacity and the reaction rate of pure L.C.

On the other hand, the fractal constant α of L.C is less than one—which shows that the surface of
L.C is heterogeneous [55]. Although the fractal constant α of the hybrid materials exceeds one, the
kinetic is not clearly fractal [56].

For the hybrid materials, the fractal constant α increases with the increase of the percentage of
Zn2+ added. The hybrid material elaborated by AC (L.C + 4% Zn2+) presents a higher value of α. In
fact, Selmi et al. (2018) showed that the fractal constant α increases with the number of functional
surface groups [57]. Therefore, the hybrid material elaborated by AC (L.C + 4% Zn2+) has the highest
number of functional groups.

3.5. Evaluation of the Elaborated Hybrid Material for MB Biosorption: A Comparative Study

To estimate the efficiency of the hybrid material synthesized by the precipitation method in
presence and absence of AC and other low-cost material widely used for dye removal, a comparative
study in terms of biosorption capacity (Qm) and efficiency was done as illustrated in Table 5. Results
obtained when using the hybrid material L.C + (1%, 2%, and 4% Zn2+) synthesized by precipitation
under AC are largely higher than those obtained when using the hybrid material synthesized in
absence of AC and the other low-cost materials. The Qm shifted from 3.22 to 8.81 and 9.84 mg/g,
respectively, for the hybrid material L.C + 4% Zn2+ synthesized under AC, the hybrid material L.C
+ 4% Zn2+ synthesized in absence of AC and the pure L.C. The Qm increased greatly when adding
the 4% of Zn2+ compared to the pure L.C. These findings can be explained by the high dispersion of
active sites due to the availability of a large number of sites. The modification of pure L.C by different
zinc rates in the presence and absence of AC increased the active sites available for MB retention.
Furthermore, the rapid change in current direction has enhanced the access of pollutants into the
biosorbent pores—which explained the main difference between rates achieved in both cases.
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Table 5. Comparison of biosorption characteristics between hybrid material synthesized and other
studied biosorbents used for MB biosorption.

Biosorbents/MB Qm (mg/g) References

Luffa cylindrica 3.9 This study
L.C + 1% Zn2+ 5.47 This study
L.C + 2% Zn2+ 6.55 This study
L.C + 4% Zn2+ 8.77 This study

L.C + 1% Zn2+ + AC 6.06 This study
L.C + 2% Zn2+ + AC 7.33 This study
L.C + 4% Zn2+ + AC 9.01 This study

Algae Caolina 6 [57]
Langsat peel 8 [58]

Agave Americana 6 [59]
Posidonia Oceanica 5.51 [60]

Phragmites Australis 6.31 [61]

3.6. Evaluation of the Synthesized Hybrid Material on the Purification of Industrial Textile Wastewater

Some experiments were performed in order to foresee the variation of pH, COD, turbidity, TOC
and processing time during the purification of industrial wastewater (Table 6). In fact, the treated
wastewater is composed of sodium carbonate, caustic soda, sodium sulfate, sea salt, wetting agent,
reactive dyes, chlorine, and enzymes. L.C + 4% Zn2+ synthesized in the presence and absence of AC
and the pure L.C were evaluated for the purification.

Table 6. Comparative results obtained for the purification of industrial textile wastewater.

Parameters Industrial Textile Wastewater

Biosorbent Used Pure L.C L.C + 4% Zn2+ L.C + 4% Zn2+ + AC

pHi 11.22 11.22 11.22
pHf 8.99 8.08 8

CODi (mg/L)O2 1265 1265 1265
CODf (mg/L)O2 597 297 159

COD removal (%) 52.80 76.5 87.43
Turbidityi (NTU) 11.70 11.70 11.70
Turbidityf (NTU) 4.58 2.23 1.99

Turbidity removal (%) 60.85 80.94 82.99
TOCi (ppm(C.O)) 28.9 28.9 28.9
TOCf (ppm(C.O)) 11.9 3.2 2.29
TOC removal (%) 58.82 88.92 92.07

Processing time (min) 300 240 180

Results show that the hybrid material (L.C + 4% Zn2+) synthesized under AC is more efficient
when synthesized in the absence of AC and pure L.C for purification of industrial textile wastewater.

The % of TOC, % of COD and the % of turbidity removals obtained for the hybrid material
synthesized in presence of AC were higher than those obtained by hybrid material L.C + 4% Zn2+

synthesized in absence of AC and pure L.C.
Both 87.43% of COD and 92.07% of TOC were removed from the industrial textile wastewater

when using the hybrid material L.C + 4% Zn2+ synthesized in presence of AC. 52.80% of COD and
58.82% of TOC were removed from the tested industrial wastewater when using the pure L.C. 76.5% of
COD and 80.94% of TOC were removed when using the hybrid material L.C + 4% Zn2+ synthesized in
absence of AC, for the purification of the industrial wastewater.

The same behavior was observed for the % of turbidity removal. Values reached about 60.85 for
pure L.C, 80.94% for the hybrid material (L.C + 4% Zn2+) synthesized in absence of AC and 82.99%,
respectively, for hybrid material (L.C + 4% Zn2+) synthesized in presence of AC.
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While for pH, both L.C and hybrid materials (L.C + 4% Zn2+) had a significantly poor effect.
This considerable fluctuation in the evaluated parameters may be attributed to the increase of the
sites available for the color retention offered by the elaborated hybrid material as indicated by the
Brouers-Sotolongo modeling. This analysis revealed that almost all of the parameters satisfied the
Tunisian standards TN-106-02 indicating that the treated wastewater can be discharged to any receiving
water body.

3.7. Phytotoxicity Test

In order to evaluate the suitability of the raw and treated industrial textile wastewater for
agricultural use, a phytotoxicity test was done. The evolution of the germination index (GI), the length
of root, stem and leaf of lettuce using distilled water, raw and treated industrial textile wastewater was
evaluated. The most used model for weeds is lettuce “Lactuca Sativa”. It has been used extensively
thanks to its fast germination and high sensitivity for a large variety of pollutants. Furthermore, it is
often used for the examination of plants interaction in an aquatic environment [62,63].

Figure 6 (Figure S1 in the complementary information) presents the main results obtained. The
germination index (GI) of the initial concentrations of the tested industrial wastewater was equal to
29.87%. After biosorption assisted by AC, the percentage of the germination index increased indicating
a decrease in the toxicity of the wastewater tested. It reached respectively 72.33, 59.79, and 52.14%,
respectively, when using the hybrid material (L.C + 4% Zn2+) synthesized in presence of AC, the
hybrid material L.C + 4% Zn2+ synthesized in presence of AC and the pure L.C. Results showed that
all GI were higher than 50%, indicating the purity of the treated wastewater and its suitability to
agricultural use.

Figure 6. Evolution of the % GI after coupling biosorption with AC using pure L.C and hybrid material
L.C + 4% Zn2+ synthesized in presence and absence of AC.

3.8. Mechanism of Biosorption of MB

An assumption of the pathway of the fixation of Zn2+ ions onto the L.C fibers and the possible
interactions between MB and the synthesized hybrid material were predicted as shown in Figures 7
and 8.
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Figure 7. Possible pathway for the fixation of Zn2+ onto the L.C surface.

Figure 8. Possible pathway for the interactions between methylene blue and the synthesized
hybrid material.

Figure 7 (Figure S2 in the complementary information) presents the possible pathway of the
fixation of Zn2+ ions onto the L.C fibers in the presence and absence of AC.

For both methods used the Zn2+ ions generated from the dissolution of Zn(NO3)2 in water were
fixed on the surface of the L.C through cellulose or hemicellulose, where oxygen is found, ensuring
the creation of Zn-O bond on the biomass as confirmed by IR characterizations. The use of AC has
enhanced the access of the Zn2+ ions onto the fibers. Therefore, favoring the participation of all Zn2+

ions presents in solution in the creation of Zn-O and Zn-O-C bonds. These findings can be confirmed
by IR characterizations. The band located at 1383 cm−1 appears from 1% of Zn2+ for the hybrid material
synthesized under AC, while it appears only for 4 % of Zn2+ for the hybrid materials synthesized in
absence of AC ensuring an increase in the number of sites available onto the hybrid material surface.

Figure 8 (Figure S3 in the complementary information) presents the proposal of a possible pathway
of the interactions between MB and the synthesized hybrid material and the effect of alternating current
on the proposal process.

Water solvates MB by making hydrogen bridges hydrogen obtained from and nitrogen obtained
from MB and a polar bond between oxygen and sulfur (π–π Bond).
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When alternating current intervenes, the molecules of H2O enter into agitation opening the
access to the free links of the nitrogen of MB which subsequently binds to the Zn-O bond created on
the biomass.

4. Conclusions

We have successfully synthesized a performing hybrid material based on Luffa cylindrica fibers
and different percentage of zinc oxide (1%, 2%, and 4%) by an easy precipitation method under AC.
The fast and efficient pollutant removals are the basic benefits of this research. Results confirmed
clearly the effect of AC on the modification of acidic-basic properties of the L.C compared to the pure
one. The addition of the different percentage of Zn2+ (1%, 2%, and 4%) has increased the basicity of
the surface functionality by increasing the pHpzc. Boehm titration indicated that the use of AC in the
preparation of the hybrid materials has decreased the carboxylic and phenolic groups and increased
the lactonic group. The presence of more lactonic groups has increased the density of the negative
charge on the hybrid material surface which will play a crucial effect on the positively charged dye
(MB) biosorption capacity. AC has increased the fixation and the distribution of Zn2+ into the L.C
fibers by increasing the sites’ number as confirmed by B.S (1, α). Physicochemical analyses revealed a
prominent decrease in the COD, the TOC and the turbidity of the treated industrial textile wastewater,
complied with the Tunisian Standards TN-106-02. The treated textile wastewater can be discharged
to any receiving water. Furthermore, the germination indexes are higher than 50% confirmed their
suitability to agricultural use.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/11/7/1326/s1,
Figure S1: Evolution of the % GI after coupling biosorption with AC using pure L.C and hybrid material L.C + 4%
Zn2+ synthesized in presence and absence of AC, Figure S2: Possible pathway for the fixation of Zn2+ onto the L.C
surface, Figure S3: Possible pathway for the interactions between methylene blue and the synthesized hybrid
material, Table S1: Comparative results for the B.S model.
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Abstract: The major aim of this work was to understand and estimate the evolution of the
membrane selectivity of neutral solutes after the filtration of protein or amino acid solutions. Classical
methodologies led to the estimation of the mean pore radius, different for each filtrated neutral
solute. The use of pore size distribution from nitrogen adsorption/desorption experiments enabled
a good description of hydraulic and selectivity performances. The modification of the membrane
hydraulic properties after the successive filtration of protein solutions revealed that the decrease is
quasi linear, the same for all the studied membranes and independent of prior tests. According to
the experimental observations, an adsorption model was developed, considering a layer by layer
adsorption in the larger pores of the membrane. The predictive obtained results are in good agreement
with the experimental rejection rates, validating the assumptions.

Keywords: protein adsorption; neutral solute; ultrafiltration; selectivity modelling; pore size distribution

1. Introduction

Membrane-based technology offers a reliable option in a growing market to the standard separation
processes (especially in terms of power consumption, addition of chemical reagents, and operating
convenience) [1]. Currently, membrane separation technology is widely used to separate, concentrate,
and rectify solutions for various purposes (for example, waste treatment, water desalination, purification
of pharmaceuticals) in many industrial sectors (food, medicine, waste decontamination, chemical, textile
industries) [2–5]. Specifically, they are used for the separation of neutral solutes from aqueous solutions
(proteins for food industry, vitamins, peptides, drugs in general for the medicine industry) [6,7].

Alternatively, neutral solute filtrations are mainly used for characterizing membranes (steric effect,
cut-off). For this purpose, a transport model is used. For example, Schönherr et al. [8] filtrated raffinose
to estimate the mean pore radius by using the Paganelli and Solomon model [9]. Schaerp et al. [10]
used the Spiegler–Kedem equation [11] derived from irreversible thermodynamics to numerically
approximate the experimental rejection curves of galactose–, maltose–, and raffinose–water solutions.
The reflection coefficient is expressed by the steric hindrance pore model. Ito et al. [12] filtrated five
dextran samples (molecular weights ranging from 10.5 kg mol−1 to 2000 kg mol−1) to investigate
the modification of pore size as a function of the Ba2+ concentration. Velicangil and Howell [13]
estimated the steric properties of ultrafiltration membranes by using the orifice model with rejection
curves of three protein solutions (papain, Bovine Serum Albumin (BSA), and ovalbumin). In recent
years, several works investigated the steric effect by using the Nernst–Planck model for uncharged
solutes [14]. They studied the rejection rates of vitamin B12, raffinose, sucrose, and glucose and
compared the estimated mean pore radius with the results from Atomic Force Microscopy (AFM).
Significant differences were observed between the estimated mean pore radius, especially regarding

Water 2019, 11, 2173; doi:10.3390/w11102173 www.mdpi.com/journal/water37



Water 2019, 11, 2173

pore size distribution estimated via AFM investigations. This methodology was used in many current
works [15–17].

One major observation of these works is that results obtained with several molecules are different.
Indeed, the filtration of different uncharged solutes leads to various estimations of mean pore radius.
Another major problem, mainly related in the literature, is the adsorption of uncharged solutes in the
membrane pore, and so, the partial clogging of the active layer. Proteins are indeed known to adsorb
on various surfaces due to their high propensity of deformability and conformation modification,
as demonstrated by Karlson et al. [18] and Norde [19]. Even if the amount of protein on hydrophobic
substrates is generally high, the outer layer of membranes constituting of oxides can also absorb
a non-negligible quantity of protein. Thereby, it reduces the apparent pore size and also modifies the
surface properties of the active layer, as demonstrated by Huang et al. [20] and Ponche et al. [21].

For example, Robertson and Zydney [22] observed protein adsorption in ultrafiltration membrane
pores, reducing the hydraulic permeability and increasing the selectivity. They estimated the
decrease in pore size due to adsorption, a decrease compatible with a monolayer adsorption.
A.M. Comerton et al. [23] studied the membrane adsorption of pharmaceutically active compounds.
They observed that ultrafiltration (UF) membranes are more subject to adsorption than nanofiltration
and reverse osmosis membranes. This phenomenon can be easily explained by the pore size of UF
membranes. In most cases, the adsorption of uncharged solutes increases the membrane selectivity and
decreases the hydraulic performances and, in some cases, can extend to complete pore clogging [24].
If studies referring to molecule adsorption in membrane pore are abundant [25], fewer studies deal
with adsorption mechanisms in the pore, except the classical theoretical models (monolayer) [26]
or for microfiltration membranes [27]. In any case, there has not been a study that dealt with the
numerical estimation of solute rejection rate (predictive) by taking into account pore size distribution
and pore adsorption.

In this study, the filtration of neutral solutes is performed with a ceramic ultrafiltration membrane to
investigate size selectivity. To this end, the experimental pore size distribution estimated from nitrogen
adsorption/desorption experiments is used as an input of the model. Adsorption phenomena are taken
into account to understand the change in hydraulic performances and the membrane selectivity.

2. Materials and Methods

Experiments were performed with tubular ceramic membranes provided by TAMI Industries
(Nyons, France). The active layer in TiO2 was deposited on the internal surface of an alumina
macroporous tube (1 kDa, length = 25 cm, inner diameter = 8 mm). The TiO2 layer was observed by
scanning electron microscopy (Philips XL30 First FEG, SEMTech Solutions, North Billerica, MA, USA)
to estimate layer thickness.

Nitrogen gas adsorption–desorption isotherms were performed with a Micromeritics ASAP 2420
(Micrometrics, Ottawa, Canada, apparatus at T = 77 K. Prior to experiments, each sample (broken
pieces of TiO2 membrane and alumina tube) was out gassed to a residual pressure lower than 0.8 Pa
at 350 ◦C for 15 h. The micropore volume was calculated using the t-plot method. The cumulative
volume and the pore size diameter (distribution) were calculated using the density functional theory
method (DFT).

Filtration tests were performed in a laboratory pilot plant (stainless steel), previously described
in literature [28]. The studied solution was stored in a 5 L tank and a volumetric pump provided
solution circulation for tangential flow filtration (retentate). The flow was controlled by an analog
flow rate sensor. The experiments were performed at 700 L/h, a value corresponding to a mean
fluid velocity higher than 5 m/s to avoid concentration polarization at the surface of the active layer.
After filtration, the permeate flow was sampled for analysis. Both retentate and permeate returned
into the solution tank. The applied pressure was adjusted by a manual valve (4 to 12 bar) and was
measured by two sensors upstream and downstream the membrane carter. A cooling unit maintained
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the fluid temperature at 25 ◦C. Between each filtration test, the experimental set-up was rinsed with
demineralized water (conductivity < 0.1 μS/cm).

Before performing filtration tests, a conditioning step of the membrane was required. This step
consisted of the filtration of pure water until hydraulic performances were in steady state.

Filtration tests of uncharged solute-water solution ware performed with vitamin B12 (Alfa Aesar,
purity 98%), L-phenylalanine (Fluka, purity 99%), L-tyrosine (Fluka, purity 99%), and lysozyme
(Sigma-Aldrich, from chicken egg white, activity > 70,000 U/mg). The concentrations of retentate
(Cr) and permeate (Cp) samples were investigated by absorbance measurements with a UV-visible
spectrophotometer (Lambda 35, Perkin Elmer Instrument). Information about the studied molecules
are given in Table 1.

Table 1. Information on the molecules used for experimental tests.

Products
Concentration

(mol m−3)
Molar Mass

(g mol−1) Stokes Radius (Ǻ) Wavelength (nm)

L-phenylalanine 5.45 165.19 3.7 257
L-tyrosine 2.48 181.19 3.8 275

Vitamin B12 9.22 × 10−3 1355.38 7.4 362
Lysozyme 0.025 14,300 19.0 281

The observed rejection rate R was calculated using Equation (1):

R =
Cr −Cp

Cr
. (1)

Several tests of analytical measurement uncertainties were performed (repeated eight times).
The maximal error was 1.9% for retentate and 2.9% for permeate samples. The rejection rate uncertainty

was ΔR = (1−R)
[

1
Cp

ΔCp +
1

Cr
ΔCr

]
and, in all cases, was inferior to 4.8% (result for a rejection rate

close to 0).
During the experimental tests, the hydraulic properties were monitored. To do this, between each

experiment test, a pure water filtration test was performed. The permeate flux (Jv) was measured and
plotted for different applied pressures (ΔP). The hydraulic permeability (Lp) was obtained from the
slope of the linear curve via Equation (2):

Jv =
Lp

μ
ΔP. (2)

Three series of tests were performed with the same membrane. Between each series the membrane
was regenerated. The regeneration consisted of a hydrothermal treatment (five days in water at 105 ◦C)
to recover its original hydraulic properties.

Filtration tests of neutral solutes were used to investigate size selectivity. Two models were
studied: model A assumed a uniform one size distribution (average pore radius) and the second
(model B) used an experimental size distribution determined from nitrogen adsorption/desorption
experiment as an input.

In model A, the mean pore radius was estimated by numerically approximating rejection rates of
the studied solutes. The equation used to approximate the experimental results was the solution of the
mass balance (differential equation) in the membrane pore. The differential equation expressing solute
mass balance is described by the Nernst–Planck approach for uncharged solutes [29,30], assuming
uniform dispersed, one size cylindrical pores. This differential equation was solved with the equality
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of chemical potentials on both sides of the active layer [31] at the pore/solution interface. Starting from
these assumptions, the rejection rate of an uncharged solute [32] can be calculated with Equation (3):

R = 1− ϕKc

1− (1−ϕKc) exp
(
−Kcrp2ΔP

8μKdD∞

) . (3)

With ϕ =
(
1− r

rp

)2
the steric partitioning coefficient.

The second model (model B) implied that we had an experimental distribution of pore size. In this
case, the permeation flow rate was assumed to be the sum of the flow rate of each pore (Equation (4)).
The flow rate in the pore was calculated using Hagen Poiseuille’s law:

Q = JvSm =
Lp
μ

ΔP× Sm =
∑

i

np(i) × q(i) =
∑

i

np(i) × πrp(i)
4

8μΔx
ΔP. (4)

The rejection rate R was calculated using the Nernst–Planck approach for uncharged solutes
(Equation (3)). The calculation was carried out for each pore size, summing all the contribution
weighting by the pore number and the relative flow rate (Equation (5)) as follows:

R =
1
Q

∑
i

np(i).q(i).R(i). (5)

3. Results

3.1. Experimental Results and Estimation of Steric Effect

Experimental tests were performed to understand the physical phenomena that act on the mass
transfer mechanisms in a porous media. For this purpose, the monitoring of hydraulic and selectivity
properties was required. Three series of tests were performed with the same membrane. Between each
series of tests, the membrane was regenerated according to the protocol previously described in the
Materials and Methods section. This regeneration aimed to recover the initial membrane properties.
Table 2 provides experimental results obtained for three series in terms of maximal rejection rate
(selectivity property) and hydraulic permeability (hydraulic performance). For each series, the results
are in chronological order. These series were chosen as the first molecule filtrated was different
(L-phenylalanine for series 1, vitamin B12 and Lysozyme for series 2, and L-Tyrosine for the last).

Table 2. Filtration experiments (chronologic order) for the three series of tests.

Molecule RMax (%) rp (nm)
Lp × 1014

(m3 m−2) RMax (%)
Lp × 1014

(m3 m−2)
RMax (%)

Lp × 1014

(m3 m−2)

After conditioning step 6.7 6.7 6.6
L-phenylalanine 5 3.3 ± 0.30 5.5

L-tyrosine 5 3.5 ± 0.30 4.7 5 4.8
VB12 60 1.7 ± 0.15 4.4 40 4.9

Lysozyme 93 2.5 ± 0.05 3.6 96 4.3
Lysozyme 95 2.4 ± 0.05 3.3 99 3.7

VB12 75 1.4 ± 0.10 3.4 20 6.7
Lysozyme 98 2.2 ± 0.04 3.1 65 4.0 100 2.9
Lysozyme 99 2.0 ± 0.03 2.8 98 2.5

VB12 81 1.2 ± 0.05 2.8 85 2.8
Lysozyme 100 <2.0 2.2 100 2.0

VB12 87 1.0 ± 0.04 2.3 90 2.0
VB12 86 1.0 ± 0.04 2.2

L-phenylalanine 16 1.6 ± 0.10 2.3
L-tyrosine 17 2.8
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The first experiments (left-hand column) were performed with a new membrane.
After conditioning, the hydraulic permeability was 6.7× 10−14 m3 m−2. The four studied molecules were
filtrated one after another, from the smallest to the largest. The rejection rate increased as filtration tests
were performed and, at the same time, the hydraulic permeability significantly decreased, suggesting
that a part of the protein was adsorbed at the membrane surface (or in the pore), reducing mass transfer.
Nevertheless, filtration of VB12 does not seem to modify the membrane hydraulic performances,
and, thus, was chosen as the model solute to follow the membrane selectivity properties. The solute
rejection rates obtained with the membrane still having its initial properties (i.e., membrane that had
only filtrated water and vitamin B12 after regeneration) were 5% for L-phenylalanine (test 1 series 1),
5% for L-Tyrosine (test 1—series 3), 20% for Vitamin B12 (test 1 series 2), and 65% for Lysozyme (test
2—series 2). These rejection rates are in good agreement with the size of the studied molecules, but
much lower than expected for a membrane with a cut-off of 1 kDa.

After these first experimental tests, the membrane permeability and the solute transmission
decreased. This behavior was illustrated by the rejection rate of vitamin B12, which increased as
protein or amino acid solutions were filtrated. For example, it increased from 20% to 90% after several
filtration tests of lysozyme solutions (series 2), indicating that steric effect increased significantly.
This can be explained by protein or amino acid adsorption at the membrane surface and or in the pore,
thereby restricting the transfer of solute through the porous medium. These adsorption phenomena
are not completely irreversible, since after the regeneration treatment the membrane recovered its
initial properties.

The estimated mean pore radii are given in Table 2 for series 1 (from Equation (3)). The results
(calculated average pore radii) corroborate previous observations. Indeed, the average pore radius
decreased as protein filtration was performed. The results obtained with the different solutes show
that this current model (model A) remains unsatisfactory for estimating steric effect because the results
are dependent on the studied molecule. The average pore radius estimated with vitamin B12 was
systematically lower than for lysozyme and L-phenylalanine. Bowen et al. [14] obtained the same
results for the filtration of four uncharged solutes (vitamin B12, raffinose, sucrose, and glucose). Indeed,
the estimated mean pore radius can vary by a ratio of 2:1. They also observed a modification of water
permeability after filtration of each solute.

Additional tests were performed with mixtures of uncharged solutes (vitamin B12 and lysozyme)
in water or salted water. These tests were performed following the tests of series 1.

The results (Table 3) show that the rejection rate of the solute was not modified by any another
solute in the solution or by salt (NaCl—5 mM) in dilute solution. In the present case, it seems that the
solutes in solution did not interact between them. However, in the literature, several studies [33–35]
showed an increase in neutral solute transmission in saline solutions. This phenomenon is explained
by a partial dehydratation of the molecule in the membrane pore, facilitating the transport through the
membrane active layer. This behavior is specifically observed in nanofiltration. In the present study,
the filtrated solutes, the porous material (membrane active layer), and the pore size were different,
which could explain the observed differences.

Table 3. Filtration tests of solute mixture.

Filtrated Solutions RMax (%) Average rp (nm) Lp × 1014 (m3 m−2)

Lysozyme 99 2.0 2.3
VB12 + Lysozyme 86 + 99 1.0/2.0 2,2

VB12 + Lysozyme + NaCl 87 + 100 1.0/<2.0 2,4
VB12 86 1.0 2,3

Moreover, the difference in estimated mean pore radius according to the studied molecule was
confirmed. There are two possible explanations. First, the one size cylindrical pore hypothesis is
a poor and inadequate representation of the porous medium. Second, the solute interacts with the
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membrane surface according to the chemical groups of both the solute and the active layer (van der
Waals forces or acid-base interactions). To investigate the first possibility, a pore size distribution was
studied. To this end, nitrogen adsorption/desorption experiments were used to measure the porous
volume according to the pore size.

Figure 1 shows the cumulative porous volume obtained during the nitrogen adsorption step
according to pore size. This curve can be suitably approximated by a log-normal distribution. These
results were substantiated by Scanning Electron Microscopy (SEM) investigations. Indeed, the SEM
images (Figure 2c) show a top view of the active layer. The surface constituted sintered titania
aggregates separated by nanometric cracks or channels. The larger ones, measuring about 4–10 nm,
were of a lower amount than the smaller ones (less than 1 nm wide).

From these experimental results, we assumed that the porous medium was constituted of
cylindrical and unidirectional pores according to the previous size distribution (Figure 1) and calculated
the pore number as a function of the pore size.

Assuming that the flow rate in each pore can be described by the Hagen–Poiseuille law,
the permeation flux can be estimated with Equation (4). From these results, it is possible to estimate
the active layer thickness by equaling the observed permeation flux with the flow rate calculated
by Equation (4). For this purpose, the studied range of pore diameter (0–14 nm) was divided into
sub-ranges of pore size from i = 0 to 1400. The active layer thickness was around 2.9 μm. Previous
observations [28] performed by microscopy (SEM) showed that the active layer was about 1–2 μm thick.
Figure 2a shows a cross section of the membrane obtained after breaking it. The different alumina
layers (different porosities) are visible below the titania active layer (full grey layer). The apparent
thickness (Figure 2c) of this layer is in agreement with previous investigation.

Calculations were performed for modelling selectivity performances of the new or regenerated
membranes for the four studied molecules (i.e., for membranes, which have only been in contact with
water). These calculated results were compared with the experimental observed rejection rates of the
four studied solutes (Table 4). The results are very close to the experimental ones for the four studied
molecules. This comparison indicates that taking into account pore size distribution provides a good
way to estimate rejection rates of neutral solutes.

Figure 1. Cumulative porous volume (red curve) versus pore diameter and pore size distribution (blue
curve).
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Figure 2. SEM photographs of (a,b) cross section at different enlargements and (c) top view of the
active layer.

Table 4. Experimental and calculated (pore size distribution) rejection rate of solutes (membrane with
initial properties).

Solutes R Exp (%) R Calc (%)

L-phénylalanine 5 6
Vitamin B12 20 21
Lysozyme 65 66
L-Tyrosine 5 7

3.2. Hydraulic Performance Loss and Adsorption in the Pore

The hydraulic performances of the membranes decreased as filtration tests of neutral solutes
were performed (except for Vitamin B12). At the same time, selectivity performances increased,
indicating an increase in the steric effect limiting the mass transfer. As shown in Table 2 for the first
series, the average pore radius (calculation relative to each filtrated molecule) decreased, step by step,
until a minimum value. Four clogging/blocking mechanisms are classically reported in the literature:
complete blocking (the filtrated molecule blocks the pore inlet), standard blocking (adsorption of the
molecules in the pore), intermediate blocking (formation of a non-continuous layer, blocking partially
the flow inlet), and a cake filtration. This last one often occurs in dead-end filtration. In our case, it can
be ruled out owing to the tangential flow and associated shear stress. The intermediate blocking cannot
explain both permeate flux decrease and selectivity increase. Indeed, to that end, non-continuous layers
should preferentially grow, clogging the larger pore inlet only. The first mechanism, i.e., pore blocking,
cannot be a plausible hypothesis, because during filtration of amino acids, the pores that clog should
be the smallest, which would result in a decrease in rejection rate. So, the only plausible explanation
is protein or amino acid adsorption in the larger pores, reducing the flow rate and increasing the
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selectivity. F. Wand et al. [36] observed that standard blocking occurred first during ultrafiltration of
colloid–water solutions (dead-end filtration experiments). K. Katsoufidou et al. [37] observed a rapid
irreversible membrane fouling during ultrafiltration of humic acid due to internal pore adsorption.

Figure 3 shows the hydraulic permeability of the membrane divided by the one obtained just
before the first filtration test of lysozyme for series 1 and 3 (presented in Table 2). These results were
compared with two test series performed in the same operating conditions with another membrane
(series 4 and 5). The hydraulic permeability decreased as filtration tests were carried out (quasi linear
behavior), indicating the same adsorption kinetics, regardless of the studied membrane and its past
experiments. Assuming one size pore distribution, the hydraulic permeability was proportional to the
fourth power of the pore radius (Poiseuille flow). In these conditions, the pore radius estimated by the
filtration tests of a neutral solute should vary according to the fourth-root dependence of the number
of tests.

Figure 3. Relative hydraulic permeability versus the number of filtration tests of lysozyme performed.

Figure 4 compares the estimated mean pore radius for vitamin B12 and Lysozyme filtration
tests (series 1) with the mean pore radius calculated using a linear function of the fourth-root of the
cumulative number of lysozyme test. For the two cases, the estimated pore radius can be approximated
by rp(i) = rp(0) × (1− 0.165i)0.25.

The same investigation with pore size distribution was not possible owing to the number of
adjustable parameters (i.e., Np(i) and rp(i)).

Steric hindrance after protein adsorption is required in order to predict the selectivity performances
of the membrane. Classical models of adsorption or adsorption kinetics do not provide information
about flow restriction in pores.
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Figure 4. Mean pore radius estimated from filtration experiments and calculation of neutral solute
(series 1: Vitamin B12 and Lysozyme).

In these conditions, to model these adsorption phenomena, we considered the adsorption of
spherical molecules to be by uniform layers in the pore, reducing its radius of two stokes radius of the
adsorbed molecule. This assumption is an arbitrary but required hypothesis for calculating the pore
size distribution after molecule adsorption. The active layer thickness and the total number of pores
were assumed to be unchanged (only their sizes can be modified). The calculation was carried out in all
the pores with diameters twice larger than the molecule size. This procedure was numerically repeated
until the calculated mass flow rate equaled the experimental permeation flux. When the equality of
experimental and numerical hydraulic performances was reached, the model became predictive and
capable of calculating the rejection rates of other filtrated molecules (i.e., Vitamin B12, L-Tyrosine,
L-Phenylalanine, and Lysozyme).

Figure 5 shows the pore size distribution of the membrane after several filtration tests of lysozyme
solution (series 1) compared to the initial one. This pore size distribution was obtained by equaling the
experimental and calculated permeation fluxes. The results show that adsorption phenomena took
place in the larger pores, partially clogging them and reducing their apparent diameters. Consequently,
the pores with an initial size higher than 3.9 nm (corresponding to pores larger than adsorbed solute)
completely disappeared and the pore quantity with a diameter in between the 1.8–2.8 nm range
significantly increased.

To validate this modeling, rejection rates of the four filtrated molecules were calculated before
and after lysozyme adsorption.

Experimental and calculated rejection rates of the studied molecules are given in Table 5 for
the membrane before (initial properties) and after several filtration tests of lysozyme solutions.
Taking into account that a pore size distribution provides a good description of membrane selectivity
performances and its modification over time, from this new size distribution, the rejection rates of
L-phenylalanine, L-Tyrosine, and Lysozyme increased and are in good agreement with the experimental
results. Nevertheless, the rejection rate of vitamin B12 increased up to 60%, which is rather different
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regarding the experimental results (between 85% and 90%). These results are basically prior image and
need to be further investigated and confirmed by other membranes and molecules.

Figure 5. Initial and calculated pore size distribution after lysozyme filtration tests (series 1).

Table 5. Experimental and calculated rejection rates before and after lysozyme filtration.

Molecules Initial Properties R/Rcalc After Lysozyme Filtration R/Rcalc

L-phenylalanine 5%/6% 16%/13%
VB12 20%/21% 90%/60%

Lysozyme 65%/66% 100%/98%
L-tyrosine 5%/7% 17%/13%

4. Conclusions

In this work, filtration tests of four uncharged solutes were performed in order to investigate the
steric exclusion effects. These tests were performed with new or regenerated membrane to investigate
the pore size distribution and selectivity of the membrane regarding each solute. Taking into account
a pore size distribution experimentally determined with nitrogen adsorption/desorption techniques
made it possible to accurately describe the membrane selectivity performances. The simulated and
experimental rejection rates of the four studied molecules are in good agreement for new membranes.
Successive filtration tests showed that proteins and amino acids interact with the membrane (adsorption
in the larger pore), reducing the hydraulic performances and increasing the selectivity. To describe this
phenomenon, the pore size distribution was recalculated by considering molecule adsorption in the
larger pore. In this way, the calculation was performed by equalizing experimental and numerical
permeation flux. The simulated results provide a good perspective of trends in membrane selectivity
for neutral solute filtration.
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Glossary

Cp Permeate concentration of solute (mol m−3)
Cr Solute concentration in the feed solution (mol m−3)
D∞ Diffusion coefficient of solute at infinite dilution (m2 s−1)
Jv Permeation flux (m3 m−2 s−1)
Kc Hindrance factor for convection (dimensionless) Kc = 1 − 2.3λ + 1.154λ2 + 0.224λ3

Kd Hindrance factor for diffusion (dimensionless) Kd = (2 − ϕ)×(1 + 0.054λ − 0.988λ2 − 0.441λ3)
Lp Hydraulic permeability (m3 m−2

memb)
np(i) Pore number with a size rp(i)
Q Permeation flow rate (m3 s−1)
q(i) Permeation flow rate in pores with a size rp(i) (m3 s−1)
r Stokes radius of solute (m)
R Observed rejection rate (dimensionless)
Rcalc Calculated rejection rate
R(i) Observed rejection rate of solute in pores with a size rp(i) (dimensionless)
rp Average pore radius (m)
rp(i) Pore radius
Sm Membrane surface
t Number of successive tests

Greek Letters

ΔP Transmembrane pressure (Pa)
Δx Active layer thickness (m)
λ Radii ratio (dimensionless) λ = r/rp

μ dynamic viscosity of the filtrated solution (Pa s)
ϕi steric partition coefficient relative to pores with a size rp(i) (dimensionless)
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Abstract: Lignite, as an available and low-cost material, was tested for cadmium (Cd) and copper
(Cu) removal from aqueous solutions under various static experimental conditions. Experimental
results showed that the removal efficiency of both metals was improved by increasing their initial
concentrations, adsorbent dosage and aqueous pH values. The adsorption kinetic was very rapid
for Cd since about 78% of the totally adsorbed amounts were removed after a contact time of
only 1 min. For Cd and Cu, the kinetic and isothermal data were well fitted with pseudo-second
order and Freundlich models, respectively, which suggests that Cd/Cu removal by lignite occurs
heterogeneously on multilayers surfaces. The maximum Langmuir’s adsorption capacities of Cd
and Cu were assessed to 38.0 and 21.4 mg g−1 and are relatively important compared to some
other lignites and raw natural materials. Results of proximate, scanning electron microscopy/energy
dispersive X-ray spectroscopy (SEM/EDS), Fourier transform infrared spectroscopy (FTIR) and X-Ray
diffraction (XRD) showed that the removal of these metals occurs most likely through a combination
of cation exchange and complexation with specific functional groups. The relatively high adsorption
capacity of the used lignite promotes its future use as a low cost material for Cd and Cu removal
from effluents, and possibly for other heavy metals or groups of pollutants.

Keywords: lignite; heavy metals; adsorption; batch; isotherm; mechanism

1. Introduction

The contamination of water resources by heavy metals contained in industrial effluents
is an important worldwide concern due to their toxicity, low biodegradability and high
accumulation capacity in water-living organisms [1]. When transferred to humans through
the food chain, these metals could be accumulated in various body organs and tissues
causing life-threating illness and possible damages to vital systems [1]. Cadmium and
copper are among the most toxic heavy metals. Indeed, exposure to cadmium, mainly
used in batteries and the coating and plating industry, could result in stomach pains,
bone fracture, possible infertility as well as serious damages to the central nervous and
immune systems [2]. High ingested amounts of copper could increase infection frequencies,
cardiovascular risks, and alterations in cholesterol metabolism [3]. The removal of these
pollutants from industrial wastewater before discharge into the environment is, therefore,
an urgent task to be appropriately achieved.

Many technologies have been developed for heavy metal removal from industrial
effluents. They include chemical precipitation, reduction, electrodialysis, and membrane
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separation [4–7]. These technologies have shown interesting removal efficiencies at labora-
tory scale. However, their upscaling to real cases has been hindered by several limitations
such as high capital and exploitation costs, very sensitive operational conditions, the use
of large amounts of chemicals, and the production of secondary sludge that has to be
sustainably handled [7].

The adsorption technique has been pointed out as a promising, eco-friendly and
low-cost method for heavy metal removal from aqueous solutions [8–12]. In general,
adsorbents with high pH, important specific surface area, well developed microporosity
and that are rich in specific functional groups are used for the efficient removal of heavy
metals form effluents. Once the adsorption process is completed, the loaded-adsorbents
could be regenerated and heavy metals could be recovered for a further subsequent
use with respect to the circular economy and sustainable development concepts [13,14].
Various mineral and organic materials have been tested for Cd(II) and Cu(II) removal
from synthetic/real wastewaters. They include powdered marble wastes [15], clays [16],
lignocellulosic biomasses [17], biochars [18,19], activated carbons [20,21] etc.

Lignite, often referred as brown coal, is a sedimentary rock that is naturally formed
from naturally compressed peat. It is a low cost material and available in various countries
at high amounts [22]. Besides its classical use for energy generation, raw lignite has been
tested for the removal of various pollutants from aqueous solutions such as phenol and
chlorophenol [23], trichloroethylene [24], phosphorus [25] and ammonium [26]. A special
focus has been dedicated to the use of these raw materials as efficient adsorbents for heavy
metals form aqueous solutions [27–30]. As such, these materials have relatively high
contents of functional groups such as carboxyl, alcoholic and carbonyl groups that could
complex with metal ions [27,31]. Furthermore, they have a large cation exchange capacity
allowing cationic pollutants to be adsorbed [32].

Laboratory investigations regarding heavy metal removal by raw lignite have demon-
strated that it could be considered as an interesting candidate for single metal removal
form aqueous solutions [27,30,32]. However, when in multicomponent systems, the com-
petition phenomenon decreases their maximal adsorption capacities. In both systems,
results are sometimes contradictory and highlight that the ability of heavy metal retention
depends on their physico-chemical characteristics as well as the lignite properties [33,34].
For instance, Pehlivan et al. [34] studied the adsorption of Pb, Cd, Cu, Ni, and Zn on
several Turkish lignite materials. They showed that the order of metal adsorption ability
depends on the lignite type. However, Pb and Cu were the most adsorbed components in
contrast to Ni and Zn. Furthermore, Pentari et al. [30] studied the removal of Pb, Cd, Zn,
and Cu from aqueous solutions by a lignite from Greece. They found that in single mode,
the ability adsorption order was as follows: Pb > Cd > Cu > Zn. In a multicomponent
system, they showed that Cu sorption was the most affected, while Zn adsorption capacity
remained quasi-constant. For the same metals in a multicomponent system, Doskočil and
Pekař [33] found a different order: Pb > Cu > Zn > Cd. On the other hand, the involved
mechanisms during heavy metal adsorption onto raw lignite are still not well identified.
An in-depth kinetic and isothermal modeling study combined with lignite analysis before
and after metal adsorption by using advanced techniques could reduce this gap.

As a consequence, the principal objectives of this work were: (i) to assess the ad-
sorption characteristics of Cd and Cu onto a Tunisian lignite under various experimental
conditions including contact time, initial concentration, pH, adsorbent dosage, and compe-
tition with other metals, (ii) to compare the efficiency of this lignite with raw and modified
lignite available in the literature, (iii) to better understand the involved adsorption mecha-
nisms of Cd and Cu through the combination of an in-depth modeling study and various
physico-chemical analyses.
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2. Materials and Methods

2.1. Adsorbent Preparation and Characterization

Raw lignite was collected from the Cap Bon region (northeastern part of Tunisia).
This lignite was used in its natural state after a drying step at 60 ◦C for 24 h followed by
manual grinding in ceramic grinder. The fraction with diameter size lower than 63 μm
was selected for the adsorption tests. The preliminary characterization of the used lig-
nite included the determination of its: (i) mineral composition by X-ray fluorescence
spectrophotometer (Philips, Eindhoven, The Netherlands), (ii) Brunauer–Emmett–Teller
BET specific surface area through N2 gas adsorption method using a gas adsorption an-
alyzer (Quantachrom Autosorb 1 sorptiometr), and (iii) pH of zero-point-charge value
(pHZPC) [35].

Furthermore, advanced analyses of the lignite before and after metals adsorption
were performed for a better identification of the involved mechanisms. They included
the assessment of: (i) the morphology and qualitative composition through scanning
electron microscopy (SEM) coupled with energy dispersive X-ray (EDX) (Philips model
FEI model Quanta 400 apparatus, Amsterdam, The Netherlands), (ii) proximate analysis
using a TGA/DSC3+ device (Mettler-Toledo, Greifense, Switzerland), and (iii) the existing
functional groups through a Fourier transform infrared (FTIR) analysis using an Equinox
55 spectrometer (Brucker, Billerica, MA, USA). The FTIR spectra were assessed between
4000 and 400 cm−1 with a resolution of 1 cm−1. Experimental protocols for the above-cited
analyses have already been detailed in a previous paper [36].

2.2. Synthetic Heavy Metals Solutions Preparation and Analysis

Cadmium nitrate (Cd(NO3)2), copper nitrate (Cu(NO3)2), lead nitrate (Pb(NO3)2),
and zinc nitrate (Zn(NO3)2) were used for the preparation of four stock solutions at a
concentration of 1 g L−1 each (Fisher Scientific, Waltham, MA, USA). These solutions
were used throughout this study for the preparation of adsorption solutions at precise
concentrations. Metal concentrations were measured thorough an atomic absorption
spectrometer (AAS) with an air-acetylene flame (Perkin Elmer Analyst 200, Waltham, MA,
USA). The wavelengths used for the analysis of the Cd, Cu, Pb and Zn were 228.8, 324.8,
283.3, and 213.9 nm, respectively. The initial pH values of the solutions were adjusted by
using dilute sodium hydroxide or nitric acid.

2.3. Batch Adsorption Investigation

Cd and Cu removal efficiency from aqueous solutions by raw lignite was carried under
static conditions (batch mode). It consists in shaking, at room temperature (20 ± 2 ◦C),
a given mass of lignite in 50 mL of aqueous solution containing the metal at a fixed
concentration for a desired contact time at 400 rpm by using a Variomag-poly15 magnetic
stirrer. Then, the suspension was filtrated through 0.45 μm cellulose acetate filter before
analysis with AAS. During this study, the effect of the following experimental conditions
on Cd and Cu removal efficiency were assessed: (i) particle size distribution for four lignite
granulometries: <63 μm; between 63 and 500 μm; 500–1000 μm, and 1000–2000 μm; (ii)
the contact time of 1; 5; 10; 20; 40; 60, and 90 min; (iii) the initial aqueous pH for 2.0; 3.0;
4.0 and 5.0, and (iv) lignite dosages for 0.4; 1.0; 1.6; 2.0; 2.4; 3; 3.5 and 4.0 g L−1. During
these assays, the default following parameters were used: a lignite size fraction lower than
63 μm, a contact time of 90 min, an initial Cd or Cu concentration of 100 mg L−1, an initial
pH of 5 and a lignite dosage equal to 2 g L−1. Finally, the competing effect was determined
for a multicomponent solution containing Cd, Cu, Pb and Zn at constant concentrations
of 30 mg L−1. All these experiments were carried out in triplicate and mean values are
reported in this work. The standard deviation for all assays was lower than 5%.

The adsorbed metal amount at a given moment ‘t’, (qt) and the related removal yield
(Yt) were determined as follows [37]:

qt =
(C0 − Ct)

D
(1)
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Ye(%) =
(C0 − Ct)

C0
× 100 (2)

where C0 and Ct (mg L−1) are initial metal concentrations and at a given time ‘t’, respec-
tively, and D is the used adsorbent dose (g L−1).

Cadmium and copper adsorption kinetics were fitted to three standard models namely,
pseudo-first order (PFO), pseudo-second order (PSO), and intraparticle and film diffusion.
Moreover, the experimental isothermal data were fitted to Langmuir, Freundlich and
Dubinin–Radushkevich (D-R) isotherm models. The agreement between the experimental
and theoretical adsorbed amounts was assessed through the determination of the average
percentage errors (APE kinetic and APE isotherm) as follows:

APEkinetic(%) =
∑
∣∣(qt,exp − qt,theo

)
/qt,exp

∣∣
N

× 100 (3)

APEisotherm(%) =
∑
∣∣(qe,exp − qe,theo

)
/qe,exp

∣∣
N

× 100 (4)

where qt,exp and qt,theo (mg g−1) are the experimental and the theoretical adsorbed amounts
at a given time ‘t’; qe,exp and qe,theo (mg g−1) are the experimental and the theoretical
adsorbed masses at equilibrium.

3. Results

3.1. Lignite Characterization

The XRF analysis of the lignite showed that it contains various minerals. Silica, Sul-
fur, iron, and aluminum exist at relatively high contents of 6.2%, 5.1%, 2.6%, and 2.5%
(dry mass), respectively. Lower contents of 0.06%, 0.46%, 1.21%, and 0.21% were observed
for Na, K, Ca, and Mg, respectively. Some of these elements could be exchanged with Pb(II)
during its adsorption by lignite. On the other hand, the used material has higher concen-
trations of Si, Al, Fe and Na and lower Ca and Mg content than a commercial and natural
lignite from Czech Republic [38,39]. The BET surface area of the lignite was assessed to
11.2 m2 g−1, which is in the range of BET values reported for Greek lignites (between 3.6
and 23.8 m2 g−1) [30]. For instance, it is about 12-fold higher than a lignite from Poland
(0.91 m2 g−1) [23], and about two-fold higher than a Hungarian lignite (5.3 m2 g−1) [25].
This relatively higher surface area suggests that the used lignite could exhibit more metal
adsorption capacities compared to other lignites reported in the literature. On the other
hand, its pHZPC was estimated to 3.6. It is lower than that of a Czech lignite (5.0) [38],
and a Polish lignite (6.2) [23]. In contrast, it is higher than pHZPC of a Hungarian lignite
(2.6) [25]. Since the net charge surface of the adsorbent becomes negative for aqueous pH
values higher than pHZPC, the removal of positively charged metals by the current lignite
through electrostatic attraction will be favored for a wide pH range.

3.2. Batch Adsorption Results
3.2.1. Effect of Lignite Granulometry

The impact of lignite granulometry on Cd and Cu removal from the synthetic solution
was carried out for initial metal concentrations of 100 mg L−1 each, initial pH of 5 and a
dosage of 2 g L−1. The experimental results (Figure 1) showed that coarser is the lignite
fraction, lower is Cd or Cu removal efficiency. Accordingly, the highest adsorbed amounts
of Cd (26.1 mg g−1) and Cu (18.6 mg g−1) were observed for the finest granulometry
(<63 μm). These adsorbed Cd and Cu amounts decreased by about 25% and more than
65%, respectively when lignite particles of 1–2 mm size were used. This outcome could
be attributed to the lower microporosity and surface area generally observed for coarser
media [40]. Similar behavior was observed by PN and CP [41] when investigating an
oily effluent treatment by hard wood based adsorbents. They reported a decrease of the
removal efficiency by about 30% when the average size particles were increased from 0.8
to 3.5 mm.

54



Water 2021, 13, 164

Figure 1. Impact of lignite particle size on Cd and Cu removal efficiency (C0 = 100 mg L−1, D = 2 g L−1; t = 60 min; pH = 5;
T = 20 ± 2 ◦C).

3.2.2. Effect of Contact Time—Kinetic Study

The removal of Cd and Cu by the used lignite is clearly a time-dependent process
as shown in Figure 2. Indeed, their removal was very rapid at the beginning of the
adsorption (especially for Cd) since about 78% and 44% of the totally removed amounts
were adsorbed after only 1 min for Cd and Cu, respectively. This finding suggests that
Cd removal occurs mainly through surface reactions [11]. The high reactivity of the used
lignite could result in an important energy saving when such process is scaled up for field
investigations. After this contact period, the adsorbed amounts continue to increase but
at much slower rate. This behavior is linked to an intraparticle diffusion inside the pores
of the lignite and adsorption by functional groups through complexation process [42].
The equilibrium state which corresponds to quasi-constant adsorbed amounts was reached
after approximately 60 min for both metals. This time is 6-fold lower than the one reported
by Havelcova et al. [38] when investigating Cd, Cu and Zn removal by a local lignite from
south Moravian coal field (Czech republic) and 12-fold lower than the duration observed
by Pentari et al. [43] for Cd removal by a raw and iron doped Greek lignite. However,
relatively similar equilibrium contact times were observed for Cd and Cu removal by
various Greek lignites [30]; Cu, Pb and Ni removal by two Turkish lignites [32]; Zn removal
by a commercial lignite from South Korea [44] and Cr(VI) adsorption onto a raw Iranian
lignite [28]. For economic reasons, low contact times, ensuring percentages removal of more
than 80% of the totally adsorbed Cd or Cu amounts could be used in real case application.
These durations correspond to only 5 and 20 min for Cd and Cu, respectively.

At equilibrium, the lignite sample used in this study removed Cd better than Cu.
Indeed, the adsorbed Cd amount by was assessed to 26.1 mg g−1 which is about 41%
higher than Cu (Figure 2). A Similar trend was observed by various studies dealing
with heavy metal adsorption onto lignite [30,38]. This behavior is mainly imputed to
their physico-chemical properties, especially electronegativity, ionic potential and ionic
radius [45].
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Figure 2. Kinetics of Cd and Cu removal by lignite and its fitting with PFO and PSO models (C0 = 100 mg L−1, D = 2 g L−1;
t = 60 min; pH = 5; T = 20 ± 2 ◦C; Exp.: Experimental value).

The parameters of the three theoretical models: PFO, PSO and diffusion models are
given in Table 1. Based on these calculated parameters, it can be clearly deduced that the
PFO model does not appropriately fit to the experimental data. In fact, the corresponding
determination coefficients were low: 0.553 and 0.883 for Cd and Cu, respectively. The cal-
culated APE between the measured and calculated adsorbed masses were high since they
are about 28% for Cd and 22% for Cu. Figure 2 confirms this finding since the dashed lines
are far from the measured data.

Table 1. Kinetic parameters of Cd and Cu removal by the used lignite (C0 = 100 mg L−1, D = 2 g L−1;
t = 60 min; pH = 5; T = 20 ± 2 ◦C).

Cadmium Copper

qe,exp (mg g−1) 26.1 18.6

Pseudo-first-order-model (PFO)

k1 (min−1) 0.063 0.063
R2 0.533 0.883

APE (%) 28.9 22.5

Pseudo-second-order-model (PSO)

qe,theo (mg g−1) 26.4 19.2
K2 (g mg−1 min−1) 0.034 0.016

R2 0.894 0.932
APE (%) 6.9 11.7

Diffusion model

Df (×10−14 m2 s−1) 4.68 2.04
R2 0.750 0.844

Dip (×10−14 m2 s−1) 2.26 2.16
R2 0.936 0.999
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In contrast, the PSO model fits well the experimental data for both metals. The related
determination coefficients (>0.89) were much higher than those for the PFO model. Fur-
thermore, the APE for Cd and Cu were determined to only 7% and 12% for Cd and Cu,
respectively and therefore were lower than those obtained for the PSO model. The the-
oretical adsorbed amounts of Cd and Cu at equilibrium (qe,theo), were very close to the
experimental ones (Figure 2 and Table 1), with different percentages of about 1% and 3%,
respectively. Therefore, under the used experimental conditions, the PSO model is more
suitable in fitting the Cd and Cu removal onto lignite. This model suggests that the rate
limiting step might be chemical adsorption involving valency forces through sharing or
exchange of electrons between these two metals and lignite [46].

The analysis of the adsorption of Cd and Cu onto the used raw lignite through the
application of film and intraparticle diffusion models indicated clearly that that the ad-
sorption process proceeds by surface interactions at earlier stages (short times, less than
5 min) and by intraparticle diffusion at later stages (Figure 2). For Cd, the film diffusion
coefficient (through boundary layer) is about two times higher than the one of the in-
traparticle diffusion. This explains the very high adsorption percentage observed after
only 1 min (Figure 2). This finding confirms that intraparticle diffusion process controls
significantly the rate of Cd adsorption onto the lignite. Similar observations were reported
by Pehlivan et al. [32] when studying Pb, Cu, Ni, and Zn removal by Turkish lignites.
For Cu, the film and intraparticle diffusion coefficients are quite similar (Table 1) indicating
that both processes (boundary layer and intraparticle diffusion) control its removal by the
raw lignite.

3.2.3. Effect of Initial Aqueous pH

The effect of the initial aqueous pH on Cd and Cu removal efficiency was performed
under the experimental conditions presented in Section 2.3. The experimental results
showed that for both metals, the removed amounts increased with the increase of the
aqueous pH (Figure 3). As such, for an initial pH of 2, the adsorbed amounts of Cd and
Cu were 10.9 and 5.4 mg g−1, respectively. At a pH of 5, these quantities reached 26.1 and
18.6 mg g−1 which are about 2.4 and 3.4 times higher than those registered at an initial
pH of 2. This outcome could be explained by the lignite surface charge that is positive
at aqueous pH lower than the pHZPC (3.6), which will repulse the two cationic metals.
Furthermore, at this pH range, abundant H+ ions in the solution will compete with Cd
and Cu over the adsorption sites. However, when the used aqueous pH value is higher
than the pHZPC, the lignite surface will carry more negative charges and will consequently
favor Cd and Cu adsorption through electrostatic reactions. At this pH range, H+ and
other exchangeable cations such as Ca2+, Mg2+, Na+, and K+ could be exchanged with
these metals and released in the aqueous solutions. Similar trends were reported by several
studies dealing with heavy metals or cationic pollutant adsorption onto raw or modified
lignites [32,38] and other adsorbents [35,42,47,48]. For instance, Pehlivan et al. [32] showed
that increasing pH form 2 to 6 increased Cu removal efficiency yield by a raw Turkish
lignite from about 8% to more than 88%.

3.2.4. Effect of Lignite Dosage

The impact of lignite dose on Cd and Cu removal from aqueous solutions at an initial
concentration of 100 mg L−1, an initial pH of 5 and 60 min of contact time is given in Figure 4.
Their removal yields increase with the increase of the lignite dose. As such, rising the
dose from 0.4 to 3 g L−1, Cd and Cu removal efficiencies increased from about 40.5% and
19.8% to 61.9% and 46.7%, respectively. This important increase is linked to the presence of
more available adsorption sites that could interact with Cd or Cu when using higher doses.
Starting from a used dose of 3.5 g L−1, Cd or Cu removal efficiency remains approximately
constant due to the saturation of lignite particles. Such high removal efficiencies observed
for relatively low lignite doses is a real asset for larger applications at industrial levels.
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A similar trend was reported by Binabaj and Ramezanian [28] and Gurses et al. [49] when
studying chromium(VI) and methylene blue removal by raw lignites, respectively.

Figure 3. Impact of initial aqueous pH on Cd and Cu removal efficiency by lignite (C0 = 100 mg L−1, D = 2 g L−1; t = 60 min;
T = 20 ± 2 ◦C).

Figure 4. Impact of lignite dose on Cd and Cu removal yields (C0 = 100 mg L−1, t = 60 min; pH = 5; T = 20 ± 2 ◦C).
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3.2.5. Competing Effect

Industrial effluents generally contain a complex mixture of organic and non-organic
pollutants. The effect of the presence of Pb and Zn on the adsorption of Cd and Cu by the
raw lignite was performed according to the experimental conditions described in Section 2.3.
The experimental results (Figure 5) showed that for single mode, as reported by Pentari
et al. [30], the adsorption efficiency of the studied metals was as follows: Pb > Cd > Cu >
Zn. The corresponding removal percentages were estimated at 100%, 74.6%, 71.7% and
44.8%, respectively. Similar observations were also reported by Pehlivan et al. [34] who
studied the adsorption of Pb, Cd, Cu, Ni, and Zn on several Turkish lignites. They showed
that for the majority of the studied lignites, Pb, Cu and Cd were the most adsorbed metals
whereas Ni and Zn were the less adsorbed ones.

Figure 5. Cd, Cu, Pb and Zn removal yield in single and multicomponent systems (C0 = 30 mg L−1 for all metals; D = 2 g L−1;
t = 60 min; pH = 5; T = 20 ± 2 ◦C).

In the multicomponent system, all the removal efficiencies of the four heavy metals
significantly decreased due to competition. Accordingly, the highest removal decrease
was observed for Cd (37.1%) and Zn (29.2%) and the adsorption pattern shifted to: Pb >
Cu > Cd > Zn with removal efficiencies of 91.7%, 56.8%, 37.5% and 15.6%, respectively.
Consequently, when treating real wastewater containing a mixture of heavy metals, Pb and
Cu will be favorably retained by the current lignite compared to other metals. Similar
trends were reported by Allen and Brown [50] when investigating the removal of Cd,
Cu and Zn by an Irish lignite in a single and multicomponent systems. Their experimental
results showed that in single metal sorption mode, the adsorption ability decreases in
the order Cd > Cu > Zn. However, in the multicomponent assays, this order changed to:
Cu > Cd > Zn. This result is in a contradiction with the one reported by Pentari et al. [30]
who pointed out that in multicomponent system containing Pb, Cd, Cu, and Zn, copper
adsorption was the most significantly influenced by the presence of the other elements with
a total yield reduction of about 5%. This behavior should not be only attributed to metal
characteristics including size, electronegativity, availability and hydration energy [15] but
also to the physico-chemical properties of the lignite such as the donor atoms abundance
(oxygen, nitrogen, sulphur [51]).
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3.2.6. Isotherm Adsorption

For the experimental conditions cited in Section 2.3, the data of Cd and Cu adsorption
isotherms in comparison with the predicted ones using Freundlich, Langmuir and D-R
models are given in Figure 6. Table 2 gives the parameters of these models as well as their
fitness to the experimental data.

Figure 6. Isotherm experimental and fitted data with Freundlich, Langmuir and Dubinin–Radushkevich (D-R) models for
Cd (a) and Cu (b) removal by lignite (D = 2 g L−1; t = 60 min; pH = 5; T = 20 ± 2 ◦C; Exp.: Experimental value).
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Table 2. Adsorption isotherm parameters of Cd and Cu removal by lignite (D = 2 g L−1; t = 60 min;
pH = 5; T = 20 ± 2 ◦C).

Metal Cd Cu

Freundlich model

Freundlich constant: KF 4.7 6.4
Freundlich constant: n 2.3 3.9

Determination coefficient: R2 0.991 0.983
Average percentage error: APE (%) 2.8 2.3

Langmuir model

Langmuir’s maximum adsorption capacity; qm (mg g−1) 38.0 21.4
Langmuir constant: KL 0.048 0.104

Determination coefficient: R2 0.979 0.957
APE (%) 5.4 2.5

D-R model

DR’s maximum adsorption capacity; qm (mg g−1) 124.8 40.5
E (kJ mol−1) 10.7 13.4

Determination coefficient: R2 0.990 0.990
APE (%) 2.3 1.5

It can be clearly demonstrated from Figure 6 and Table 2 that the three applied
models fit very well with the experimental data. Nevertheless, the highest determination
coefficients (R2) (0.990 for Cd and for Cu) and the lowest APE (2.3% for Cd and 1.5% for
Cu) were observed for D-R model. This model predicts, however, very high adsorption
capacities for both Cd and Cu with respective values of 124.8 and 40.5 mg g−1, respectively.
These values are unrealistic considering the isotherm curves shape (Figure 6) and are mainly
imputed to this model’s used assumptions especially the one related to the uniformity and
homogeneity of the adsorbent’s microporous structure [35]. The calculated free energy
(E = 1/

√
2β) was assessed to 10.7 and 13.4 kJ mol−1 for Cd and Cu, respectively. Both of

them are higher than 8 kJ mol−1, indicating that Cd and Cu removal by the used lignite
was mainly chemical [49]. It is worth mentioning that compared to Langmuir model,
The Freundlich one fits better the experimental data with higher R2 coefficients and lower
APE values (Table 2). This outcome indicates that both Cd and Cu adsorption by the used
lignite occurs heterogeneously on multilayer surfaces through chemical processes [28].

On the other hand, the Freundlich constant ‘n’ values were 2.3 and 3.9 for Cd and Cu,
respectively. They are in the range of 1–10, which indicates that the adsorption of these
two heavy metals by the used lignite is a favorable process. Values in the same range were
determined by Pentari et al. [30] when studying Cd and Cu removal by a raw Greek lignite.
Moreover, the highest Langmuir’s parameter values (obtained for the lowest used initial
concentrations) ‘RL = 1

1+KL∗ C0
’ were estimated to 0.41 and 0.24 for Cd and Cu, respectively.

They are lower than 1, suggesting that lignite could be considered as a favorable material
for Cd and Cu retention from aqueous solutions.

The Langmuir’s maximum adsorption capacities of Cd and Cu were determined
to 38.0 and 21.4 mg g−1, respectively. A comparison of the used lignite efficiency in
removing Cd and Cu with other lignites (Table 3) clearly shows that it can be considered
as a promising medium for the removal of heavy metals form wastewater. As a matter
of fact, its Cd adsorption capacity was about 5.6, 1.7 and 1.5 times higher than a lignite
activated carbon from China [52], a HNO3 treated lignite activated carbon [52], and a
raw lignite form Greece [43]. Its Cu adsorption capacity was higher than a Beypazari
lignite [51], Ilgin lignite and Beysehir lignite [32]. However, other tested lignites exhibited
higher adsorption capacities [27,30,53]. It is important to underline that the observed lignite
adsorption capacities of Cd and Cu are also higher than various other agricultural, animal
and industrial wastes [54,55]. As compared to natural agricultural wastes, Cd adsorption
capacity of the studied lignite was about 7.5 and 2.3 higher than corncob [56] and rice
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husk [57], respectively. Moreover, Cu removal was 2.8 and 2.1 times more important than
Banana peels [58] and grape stalks [59], respectively.

Table 3. Comparison of the used lignite removal efficiency of Cd and Cu with other lignites from various regions.

Material
BET Surface Area

(m2 g−1)
Adsorption
Conditions

Cd Langmuir
Adsorption Capacity

(mg g−1)

Cu Langmuir
Adsorption Capacity

(mg g−1)
Reference

Lignite, Beypazarı, Turkey 2.56
C0 = 0.00015–0.0015 M;
pH = 4; D = 10 g L−1;

t = 1 h ; T = 20 ◦C
- 1.62 [51]

Ilgin lignite, Konya, Turkey 2.06 C0 = 0.0025–0.025 M;
pH = 4.5; D = 4 g L−1;
t = 120 min; T = 20 ◦C

- 17.8
[32]

Beysehir lignite,
Konya, Turkey 2.96 - 18.9

Tyul’gansk lignite, South
Ural Basin Russia -

C0 = 0.1 M; pH = 4.1;
D = 40 g L−1; t = 5 days;

T = 25 ◦C

- 27.3
[27]

Tisul’sk lignite,
Kansko-Achinsk

Basin, Russia
- - 27.3

Lignite, South Moravian
deposit, Mikulcice,

Czech Republic
-

C0 = 0.001–0.2 M;
pH = 4–5; D = 20 g L−1;

t = 24 h; T = 25 ◦C
- 82.0 [53]

Lignite activated carbon
(LAC), China 158.11

C0 = 0.00015–0.0015 M;
pH = 7.2; D = 1 g L−1;

t = 24 h ; T = 25 ◦C

6.8 -

[52]Lignite activated carbon,
treated with sodium

dodecyl benzene
sulfonate (SAC)

118.2 26.6 -

HNO3-treated lignite
activated carbon (NAC) 185.07 22.8 -

HNO3-treated lignite
activated carbon, post
treated with sodium

dodecyl benzene
sulfonate (NSAC)

131.4 44.2 -

Lignite, Drama,
northern Greece 154

C0 = 0.00015–0.015 M;
pH = 4.5; D = 10 g L−1;

t = 12 h; T = 25 ◦C

25.5 - [43]

Same lignite doped with
Nano-scale-zero-valent-

iron particles
109 34.7 -

Lignite, Macedonia and
Thrace, Greece 4.2

C0 = 0.00015–0.015 M;
pH = 4–5; D = 10 g L−1;

t = 45 min; T = 25 ◦C
51.5 42.7 [30]

Lignite, Cap Bon, Tunisia 11.2
C0 = 0.00047–0.00197 M;

D = 2 g L−1; pH = 5;
T = 20 ± 2 ◦C

38.0 21.0 Current study

As illustrated in Table 3, Cd or Cu adsorption efficiency by lignites depend not
only on their specific surface area (case of the activated lignites [52]) but also on their
functional group types and richness and the experimental conditions. The same trend was
reported by Puglla et al. [19] who found relatively low adsorption capacities of Cd onto
biochars derived from peanut shell (1.038 mg g−1), chonta pulp (0.655 mg g−1) and corncob
(0.857 mg g−1) even if they have interesting textural properties. It is important to underline
that the structural and textural properties of the lignite could be improved through specific
physical/chemical/thermal modifications [52,60,61]. For instance, Sun et al. [52] found
that the chemical/thermal modification of lignite by a HNO3 solution simultaneously
increased its surface area (from 158.1 to 185.1 m2 g−1) and its surface carboxylic and lactone
functional groups (from 0.55 to 1.26 mmol g−1). Consequently, such modification increased
Cd removal capacity from 6.8 to 26.6 mg g−1.
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3.3. Raw and Metal-Loaded Lignite Characterization and Adsorption Mechanism Exploration

Various techniques were used for the characterization of lignite before and after
metal adsorption in order to get a better understanding of the probably involved mech-
anisms. Morphological properties of the lignite before and after adsorption of metals
were investigated through imagery comparison using scanning electron microscopy and
energy-dispersive X-ray spectroscopy (Figures 7 and 8).

Figure 7. SEM images of: (a) raw lignite; (b) after adsorption of cadmium; (c) after adsorption of copper (magnitude: ×2500).

It appears that the raw lignite (particle size lower than 63 μm) presents an irregular
and heterogeneous surface. Moreover, similarly to the majority of natural carbonaceous
materials, the used lignite does not present a concrete porosity (Figure 7a), which explain
its measured specific surface area. SEM imaging reveals also the presence of crystalline
structures on the surface. According to Zhang and Chen [62], raw uncrushed lignites
could present some typical cellular plant structures such as fusinites and semifusinites,
intergranular and plant tissue pores along with some crystalline impurities identified
mainly as calcium carbonates and silicon dioxide as well as other trace elements such as
aluminum and iron ions. This was confirmed by EDX analysis where the raw material
presents high peak intensities of oxygen, silica and calcium (Figure 8a). After the adsorption
process, SEM images of the metal-loaded lignite presented a clearer contrast on its surface
for both metals, while the crystalline structure present in the raw material became less
apparent (Figure 7b,c). This observation could be due to an adsorption reaction of metals
on the lignite surface and at the same time to a possible inverse movement of some minerals
from lignite to the liquid phase. The EDX analysis confirmed this hypothesis since the
peaks related to oxygen, silica, potassium, and calcium decreased in intensity, while peaks
attributed to copper and cadmium appeared, which confirms the adsorption process
(Figure 8b,c).

The proximate analysis (Figure 9) indicates that the raw lignite is mainly composed of
minerals with an ash content of about 39%. Its moisture, fixed carbon and volatile matter
contents are respectively 7%, 21% and 33%. Similar trends were reported by Kanca [63] for
a Turkish lignite, where ash content had the major proportion (48%) followed by volatile
matter and fixed carbon (25% and 24%, respectively).

63



Water 2021, 13, 164

Figure 8. EDX analysis of: (a) raw lignite; (b) cadmium-loaded lignite; (c) copper-loaded lignite.

64



Water 2021, 13, 164

Figure 9. Proximate analysis of lignite before and after copper and cadmium adsorption.

After metal adsorption, a slight decrease of the fixed carbon and volatile matter
contents occurred in favor of an ash content increase by about 3.7% and 5.8% for Cd- and
Cu-loaded lignite, respectively. To align these results with SEM/EDS observations, it is
possible that the adsorption of cadmium and copper were driven by three mechanisms:
(i) adsorption of a small fraction of metal ions onto lignin decayed matrix which constitutes
the small specific surface area of the feedstock yet characterized, (ii) ion-exchange reaction
where ions such as potassium, calcium then silica at lower percentage were diffused from
the solid matrix to the aqueous solution thus vacating the oxygenic functional groups,
and (iii) chemical adsorption on free surface functional groups.

In order to confirm this hypothesis, FTIR analyses were performed on both raw and
metal-loaded lignite and results are depicted in Figure 10 and Table 4. The lignite presented
a heterogeneous surface with the co-presence of acidic and alkaline functional groups
namely, hydroxyl (–OH; 3600–3200 cm−1), aliphatic (C–H; 3000–2700 cm−1), carbonyl and
acetyl esters (C=O and C–O; 1650–1600 cm−1 and 1180–980 cm−1, respectively), methyl
and methylene aromatic (–CH2/–CH3; 1465–1320 cm−1) and out-of-plane aromatic groups
(C–H; 896–809 cm−1). After metal adsorption, few modifications were noticed for peak
positions of some functional groups due to their involvement in the adsorption process
(Table 4). For instance, a peak shift of about +8 and +4 cm−1 was noticed for hydroxyl
groups after Cd and Cu adsorption, respectively. Similar observation for carboxylic group
where a vibration was spotted by about −4 and −6 cm−1 as compared to raw lignite for the
same exhausted adsorbents, respectively. Moreover, a significant change was observed in
the—C=C aromatic structure where a peak appeared for both Cd- and Cu-related specters
at 1382 and 1380 cm−1, respectively (Table 4). This could be related to the uptake of nitrate
ions (entering in the composition of copper and cadmium reagents) by the lignite matrix,
causing a slight alteration in its surface functionalities [64].
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Figure 10. FTIR analysis of lignite before and after Cu (II) and Cd (II) adsorption.

Table 4. Peak location for each functional group detected in FTIR spectra for raw and metal-loaded
lignite.

Functional Group –OH C=O C–H –C=C –C–O –C–H

Raw 3400 1705 1614 Absent 1105 794
Cd2+—loaded lignite 3408 1701 1600 1382 1101 794
Cu2+—loaded lignite 3404 1699 1593 1380 1103 794

On the other hand, the presence of positively charged metals (i.e., Cd2+ and Cu2+)
caused a thermodynamic balance between solid and liquid phases. It is possible that a
cation release phenomenon occurred leading to the release of protons (H+) or other cations
(Na+; K+; Ca2+, and Mg2+) followed by the fixation of bivalent metals on the oxygenic
functional groups as follows [19,65]:

2
[
A − C − O− − H+

]
+ Me2+ ↔

[
A − C − O− − Me2+

]
+ 2H+ (5)

2
[
A − O− − H+

]
+ Me2+ ↔

[
A − O− − Me2+

]
+ 2H+ (6)

[
A − Na+/K+/Ca2+/Mg2+

]
+ Me2+ ↔

[
A − Me2+

]
+ 2Na+/2K+/Ca2+/Mg2+ (7)

where A stands for the aromatic structure of lignite and Me2+ is either Cu2+ or Cd2+.
On the basis of FTIR investigation, we can deduce that Cd and Cu removal by lignite

is governed not only by its textural properties (especially surface area and microporosity),
but also by its richness in functional groups.

4. Conclusions

The current research study demonstrates that lignite, as a low cost and abundant ma-
terial, can achieve very rapid and effective removal of cadmium and copper from aqueous
effluents under wide experimental conditions. The removal efficiency seems not only de-
pendent on the heavy metal properties but also on the textural and structural characteristics
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of the lignite. The heavy metal adsorption process occurs through a combination of several
mechanisms, including mainly cation exchange and complexation with various functional
groups. Lignite adsorption capacity could be further enhanced through physical, chemical,
and thermal treatment methods. However, the cost and the environmental impact of such
modifications should be accurately assessed. Moreover, further studies are required in
order to assess the efficiency of raw/modified lignite for the removal of other heavy metals
and recalcitrant organic pollutants under dynamic conditions.
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Abstract: Grey water has been identified as a potential source of water in a number of applications e.g.,
toilet flushing, laundering in first rinsing, floor cleaning, and irrigation. The major obstacle to the reuse
of grey water relates to pathogens, nutrients, and organic matter found in grey water. Therefore, much
effort has been put to treat grey water, in order to yield high-quality water deprived of bacteria and
with an appropriate value in a wide range of quality parameters (Total Organic Carbon (TOC), nitrate,
phosphate, ammonium, pH, and absorbance), similar to the values for tap water. The aim of this study
was to treat the real grey water, and turn it into high-quality, safe water. For this purpose, the real
grey water was treated by means of a sequential biological reactor (SBR) followed by ultrafiltration.
Initially, grey water was treated in a laboratory SBR reactor with a capacity of 3 L, operated in a 24 h
cycle. Then, SBR effluent was purified in a cross-flow ultrafiltration setup. Treatment efficiency in
SBR and ultrafiltration was assessed using extended physicochemical and microbiological analyses
(pH, conductivity, color, absorbance, Chemical Oxygen Demand (COD), Biological Oxygen Demand
(BOD5), nitrate, phosphate, ammonium, total nitrogen, phenol index, nonionic and anionic surfactants,
TOC, Escherichia coli, and enterococci). Additionally, ultrafiltration was evaluated in terms of fouling
behavior for three polymer membranes with different MWCO (molecular weight cut-off). The values
of quality parameters (pH, conductivity, COD, BOD5, TOC, N-NH4

+, N-NO3
−, Ntot, and P-PO4

3−)
measured in SBR effluent did not exceed permissible values for wastewater discharged to soil and
water. Ultrafiltration provided the high-quality water with very low values of COD (5.8–18.1 mg/L),
TOC (0.47–2.19 mg/L), absorbanceUV254 (0.015–0.048 1/cm), color (10–29 mgPt/L) and concentration of
nitrate (0.18–0.56 mg/L), phosphate (0.9–2.1 mg/L), ammonium (0.03–0.11 mg/L), and total nitrogen
(3.3–4.7 mg/L) as well as lack of E. coli and enterococci. Membrane structural and surface properties
did not affect the treatment efficiency, but did influence the fouling behavior.

Keywords: grey water; SBR; ultrafiltration; fouling; zeta potential

1. Introduction

Water is emerging as one of the single most important resources of Planet Earth for the prosperity
of the economy and human life. However, freshwater resources have been increasingly polluted
and depleted globally. The constant increase in water usage and climate change—such as altered
weather-patterns (including droughts or floods), deforestation, and increased pollution—are the main
driving forces for the rising global scarcity of water. It is experienced especially by European countries,
due to an improvement of living standards and economic development in recent years. Along with
economic development, the total water use in Europe has been sharply increasing in the last decades [1].
Grey water recycling is the solution to the growing challenges associated with water shortages [2].
Quantitatively, grey water represents around 65% of the total volume of domestic sewage, making it the
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largest stream for water reuse [3]. Grey water contains nitrate, phosphate, organic matter, surfactants,
pharmaceuticals, oils, and pathogens [4]. Therefore, the treatment of grey water before its reuse is
necessary. Purified grey water could be reused for cleaning, car washing, concrete production, and
irrigation [5,6]. The guidelines of the World Health Organization (WHO) point to four criteria for the
reuse of grey water: hygiene, aesthetics, environmental tolerance, and economic feasibility. WHO
recommends biological treatment and ultrafiltration in order to obtain high-quality water. However,
the requirements that define “high water quality” are too sweeping and do not show the physical and
chemical specifications. It is caused by a number of possible applications of reclaimed grey water that
require various different quality standards. In 2006, WHO set microbiological criteria that reclaimed
grey water should meet for its reuse for restricted and non-restricted agricultural irrigation. [7,8].

Numerous approaches, including low and high pressure-driven membrane techniques [9–11],
coagulation [12,13], biological processes, and membrane bioreactors [3], have been proposed for the
treatment of grey water. These technologies vary in both complexity and performance. For example,
Li et al. recommended the employment of an aerobic treatment coupled with membrane filtration
or an aerobic treatment with sand filtration, with disinfection as the last step for both systems [8].
Similarly, Ding et al. suggested applying a system that combines membrane filtration with biological
treatment in a gravity-driven membrane filtration system. In this technique, the fouling layer attached
to the membrane stabilizes a flux and improves the treatment effects due to the microbial activity
of biofilm [14]. From these studies, it is clear that grey water requires both biological and physical
treatment to meet non-potable reuse standards. Aerobic biological processes are effective to remove
organics from grey water. Physical processes, particularly membrane filtration, are recommended
for polishing effluents from the biological treatment step [9,15]. Ultrafiltration (UF) retains bacteria,
suspension, colloids, natural organic matter, and partial micropollutants such as pharmaceuticals
and personal care products. However, the efficiency of ultrafiltration in the removal of individual
pollutants depends on membrane type and its properties such as molecular weight cut-off (MWCO).
Membrane properties such as contact angle and zeta potential play an important role in the fouling
behavior and hydraulic performance of the system [16]. Membrane fouling results in a permeability
loss due to the increase in hydraulic resistances in the filtration system, especially in the case of porous
polymer membranes. There are many studies reported in the literature that aimed at mitigating the
fouling by selecting the most optimal operational parameters for ultrafiltration such as transmembrane
pressure, velocity, temperature, or developing a cleaning method. [17–19]. On the other hand, they
do not consider the effect of structure and surface properties of membrane i.e., MWCO and contact
angle on fouling behavior. Another issue is that most of these studies were conducted for artificial
grey water. While artificial grey water provides useful information for model development, it does not
reflect real conditions, and the composition affects the process significantly.

The main novelty of this work shows that high-quality water can be obtained from grey water.
For a need of this study, we established that high-quality water is water: (1) that fulfills criteria
included in the Polish Regulation from the Minister of the Environment on the conditions to be met
when discharging wastewater into water or soil and (2) with the basic quality parameters (smell,
color, turbidity, TOC, ammonium, nitrate, chloride, conductivity, hardness, E. coli, and enterococci)
like the standards for tap water. In order to gain this purpose, real grey water was treated using a
sequential biological reactor (SBR) followed by ultrafiltration. Treatment efficiency was evaluated for
SBR and ultrafiltration using extended physicochemical and microbiological analyses. Additionally,
ultrafiltration was studied in terms of fouling behavior for three polymer membranes with different
MWCO. In that context, the novelty of this work is also a determination of the effect of membrane type
on the treatment of SBR effluent and fouling behavior.
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2. Methodology

2.1. Grey Water Characteristic

Grey water was collected from a single-family household located in Silesia in Poland. This house
is equipped with an installation to collect grey water from the shower, kitchen sink, and washing
machine. The characteristic of the grey water is given in Table 1. Samples were taken directly from a
storage tank and transported to the lab facilities, stored at 4 ◦C and analyzed within 48 h according to
the methodology presented in Section 2.6.

Table 1. Characteristic of grey water, as taken.

Parameter Unit
Value

Min Max Average

pH - 7.47 7.88 7.6
Conductivity μS/cm 735 772 758

Color mgPt/L 182 228 201
Turbidity FTU 26 31 28.2

AbsorbanceUV254 1/cm 0.468 0.611 0.55
COD mg/L 415 638 543
BOD5 mg/L 190 240 212

N-NO3
− mg/L 0.4 0.8 0.6

P-PO4
3− mg/L 3.8 4.6 4.15

N-NH4
+ mg/L 0 0.3 0.2

Ntot mg/L 9.4 11.3 10.7
Surfactants nonionic mg/L 1.33 1.64 1.42
Surfactants anionic mg/L 12.9 17.5 15.2

TOC mg/L 51.2 59.3 56.3

2.2. Biological Treatment in SBR

The SBR technology used provides for the dosing of wastewater in alternately used anaerobic
reactor oxygen conditions. This guarantees a high degree of removal of carbon, nitrogen, and
phosphorus compounds. The operation of the reactor is simple, and during operation, modifications of
individual separate phases of the technological cycles are possible. The biological process was carried
out under laboratory conditions, using activated sludge taken from the municipal sewage treatment
plant in Gliwice, Poland. The treatment of grey water was carried out in a laboratory SBR with a
capacity of 3 L. During the treatment experiment, the excessive activated sludge was periodically
removed from the SBR in order to keep its concentration at the level of 3.0 g/L. The solid retention time
(SRT) was 20 days. The load of the sludge with the contaminants was equal to 0.1 g COD/gDMd and
the concentration of oxygen was at the level of 3 mg/L. The system was operated as the sequential
biological reactor in one cycle per day. The length of particular operation stages was as follows: filling
and mixing phase for 2 h, aeration phase for 21 h, and sedimentation and SBR effluent removal for 1 h.
The aeration system consisted of aquarium cubes placed on the bottom of the tank with connected
aeration pumps of the Tetratec APS 300 type (Tetra, Melle, Germany). In order to thoroughly mix the
contents of the chamber, it was mixed by means of a magnetic stirrer with the possibility of speed
regulation in the range from 50 to 1000 revolutions/min. The chamber was filled and emptied using
Heidolph peristaltic pumps (Heidolph, Schwabach, Germany). The electronic weekly programmer
controlled the start and end of the relevant SBR work phase.

2.3. SBR Effluent Treatemnt by Ultrafilltration–Ultrafiltration Run

Ultrafiltration is especially dedicated to drinking water production because colloids, particulates,
macromolecules, and pathogens are removed in this process. It is also a suitable process to purify
effluent after biological treatment as this effluent contains bacteria, particles of organic matter, and
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suspended solids. Ultrafiltration was carried out in the lab, using a scale cross-flow configuration
equipped with a plate-and-frame membrane module SEPA CF-NP (GE Osmonics, Minnetonka, MN,
USA) as seen in Figure 1. Three ultrafiltration membranes were used in separate processes. Membrane
properties are presented in Table 2. Before each experiment, the clean water flux was determined using
ultrapure water. The process was operated at a constant pressure of 5 bar and a constant temperature
of 22 ± 1 ◦C and a constant velocity of 1 m/s with continuous dosing of SBR effluent to the feed tank.
Each filtration run consisted of three cycles including 60 min of filtration followed by forward flushing
with ultrapure water during 60 s. The volume of permeate was monitored in order to determine the
permeability from the following equation:

Lp =
V

Δp·A·t (1)

where: Lp is permeability (L·m−2·h−1·bar−1) in short (LMHB), V is permeate volume (L), A is membrane
surface area (m2), t is permeate time collection (h), and Δp is transmembrane pressure (bar).

Table 2. Properties of ultrafiltration membranes.

Symbol DSGM V3 BN

Manufacturer GE Osmonics
(Minnetonka, MN, USA)

Synder (Allison Parkway
Vacaville, CA USA) Synder

Polymer material Polyamide-TFC PVDF PVDF
MWCO, Da 8000 30,000 50,000

Thickness *, μm 150 220 200

* own measurements with an electronic micrometer.

Figure 1. Schematic diagram of the cross-flow filtration set-up.

2.4. Membrane Fouling Characterization

In this study, hydraulic resistances were used to characterize the fouling behavior of ultrafiltration
membranes treating SBR effluent. Hydraulic resistances of membrane and fouling layer were calculated
using the resistance in the series model and Darcy’s law using the correlations as shown below [20].

ktot = km + k f (2)

k f = kirr + krev (3)

J =
Δp
μ·k (4)
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where: k is hydraulic resistance, where subscripts m, f, irr, rev, and tot are related to membrane, fouling,
hydraulically irreversible fouling, hydraulically reversible fouling, and total (m−1), respectively, J is
the flux (m3·m−2·s−1), Δp is the transmembrane pressure (kg·s−2·m−1), and μ is the dynamic viscosity
of water at given temperature (kg·m−1·s−1). Membrane resistance (km) was measured for the clean
membrane with ultrapure water prior to feed water filtration. Hydraulically irreversible fouling was
determined from the flux after forward flushing, while hydraulically reversible fouling was determined
from the difference in fouling and irreversible resistances.

2.5. Membrane Characterization

Zeta potential of membranes was determined by the electrokinetic analyzer SurPASS™ 3 (Anton
Paar, Graz, Austria). Measurements of the contact angle were performed using the goniometer PG-1
(Fibro System AB, Hägersten, Sweden) and the sessile drop method was applied. By syringe on top, a
drop of ultrapure water was put on the dried membrane surface. Through an enlarged projection of the
water drop on the gauge, the value of the contact angle was measured. For every type of membrane,
10 samples were measured and the average value was calculated.

2.6. Quality Analysis and Microbiological Assessment

The treatment efficiency in SBR and ultrafiltration was evaluated by the monitoring of the typical
quality parameters (color, turbidity, COD, BOD5, TOC, phenolic index, absorbance of UV254, nitrate
(N-NO3

−), phosphate (P-PO4
3−), ammonium (N-NH4

+), total nitrogen (Ntot), conductivity, pH, and
anionic and non-ionic surfactants). Color and turbidity measurements were performed with a UV-Vis
Spectroquant®Pharo 300 (Merck, Kenilworth, NJ, USA). Phenolic index, COD, nitrate, phosphate,
ammonium, total nitrogen, and anionic and non-ionic surfactant concentrations were determined
spectrophotometrically with Merck test kits (codes of the Merck test kits are given in Table S1).
The absorbance was measured at 254 nm, using a UV-visible light (UV-Vis) Cecil 1000 (Analytik Jena
AG company, Jena, Germany). TOC was measured using a TOC-L series analyzer (Shimadzu, Kioto,
Prefektura Kioto, Japan). pH and conductivity were monitored by multifunctional analyzer CX-461
(Elmetron, Zabrze, Poland). The BOD5 was determined by respirometric measurement using the OXI
Top System WTW set (Xylem Analytics, Weilheim Germany). Microbiological analysis including E. coli
and enterococci was conducted by an external accredited lab according to ISO methods PN-EN ISO
9308-1:2014-12/PN-EN ISO 9308-1/A1:2017; PN-EN ISO 7899-2:2004.

3. Results and Discussion

3.1. Grey Water Treatment in SBR

3.1.1. Reduction of COD, BOD5, and TOC

The biological sewage treatment aimed to reduce biodegradable organic matter and remove the
biogenic substances i.e., nitrogen and phosphorus. In the preliminary stage, the activated sludge
was taken from the municipal wastewater plant, then it was adapted to a new influent (grey water).
The results discussed in Figures 2–4 show the analysis of individual parameters after the adaptation
process. Figure 2 shows the SBR system performance in relation to the concentration of organic
compounds in purified grey water. Detailed results of physicochemical analyses are presented in Table
S2 (in Supplementary file).

75



Water 2020, 12, 154

 

 

0

20

40

60

80

100

0

200

400

600

800

0 2 4 6 8 10 12 14 16 18 20 22

Re
du

ct
io

n 
%

C
O

D
, m

g/
L

Time, d
a) Grey water Effluent Removal

0

20

40

60

80

100

0

50

100

150

200

250

0 2 4 6 8 10 12 14 16 18 20 22

Re
du

ct
io

n,
 %

BO
D

5
m

g/
L

Time, d
b) Grey water Effluent Removal

0

20

40

60

80

100

0

20

40

60

80

100

0 2 4 6 8 10 12 14 16 18 20 22

Re
du

ct
io

n,
%

TO
C

, m
g/

L

Time, d
c) Grey water Effluent Removal

0

20

40

60

80

100

0

0.5

1

0 2 4 6 8 10 12 14 16 18 20 22

Re
du

ct
io

n,
 %

A
bs

or
ba

nc
e,

 1
/c

m

Time, d
d) Grey water Effluent Removal

Figure 2. The performance of the sequential biological reactor (SBR) system with respect to the changes
in the concentration of the organic compounds.

It was shown that the degree of pollution removal was high, and the values of the quality
parameters in SBR effluent did not exceed the permissible values included in the currently in force in
Poland, Regulation of the Minister of the Environment on the conditions to be met when discharging
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wastewater into water or soil [21]. Over the whole experimental period (22 days), the SBR system
reduced COD by around 92%, from an average value of 543 mg/L (influent) to 44 mg/L (effluent)
(Figure 2a). Fountoulakis et al. obtained a similar result in their studies [22]. More specifically, the
removal of COD was approximately 87%. Such, a high removal was also obtained in studies on grey
water purification in a membrane bioreactor operating in a flow-through system [3], where the COD
reduction degree was 88%.

It was found that the easily biodegradable compounds expressed by BOD5 were removed in
99% of cases, and the average concentration in the effluent was 4 mg/L (Figure 2b). Similarly, a high
reduction was recorded for TOC and absorbance, i.e., 91% and 76%, respectively (Figure 2c,d). Anionic
and nonionic surfactants were reduced by 97% and 100%, respectively (as seen in Table S1 in the
Supplementary File). In the study [22], the removal efficiency of the anionic surfactants was about 80%
in the submerged membrane bioreactor. This is due to the fact that non-ionic and anionic surfactants
are readily biodegradable under aerobic conditions [23–25].

3.1.2. Removal of Biogenic Compounds

As seen in Figure 3, the concentration of nutrients in SBR effluent was low and did not exceed
permissible values laid out in the Polish regulations [21].
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Figure 3. The performance of the SBR system with respect to the changes in the concentration of the
nutrients. GW—grey water, EF—effluent.
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Raw grey water was characterized by a minimum content of ammonium and nitrate nitrogen
at the level of 0.2 mg/L and 0.8 mg/L, respectively. After biological treatment with the SBR system,
the concentration of nitrate and nitrogen increased to an average value of 7.6 mg/L. Differences in
the nitrate concentrations in the influent and effluent indicate that a large part of nitrogen in grey
water was organically bound [16]. The average value of total Kjeldahl nitrogen in the influent was
10.6 mg/L. The removal degree of total nitrogen was at the average level of 20% and the concentration
in the effluent was 8 mg/L. It should be emphasized that despite the lack of total denitrification, the
concentrations of individual forms of nitrogen in SBR effluent did not exceed the maximum permissible
values given that are currently in force in Poland, (Regulations of the Minister of the Environment) on
the conditions to be met when discharging wastewater into water or soil [21]. At the initial stage of the
grey water purification process, there was a problem with phosphorus removal. Its value exceeded
several times the permissible value. It can be explained by the variable physicochemical nature of
the SBR influent. The effective dephosphatation takes place when the influent contains an easily
biodegradable COD fraction and the COD/BOD5 ratio is 2 [26,27]. The second factor intensifying
a release of phosphate under anaerobic conditions is the constant delivery of easily biodegradable
organic compounds, e.g., volatile fatty acids and their salts. Their occurrence in grey water is likely
to be changeable. Since grey water was collected in a holding tank over a longer time, it could
undergo an acid fermentation during which volatile fatty acids may be formed. It was found that
in the second week of the process, the degree of P-PO4

3− removal increased along with the increase
of COD concentration of the inflowing grey water. In the following weeks of operation of the SBR
reactor, the phosphate phosphorus concentration ranged from 1.1 to 2.6 mgP-PO4

3−/L. Despite the
increase in efficiency of phosphorus removal, its permissible concentration specified in the Regulation
of the Minister of the Environment [21] (Ptot = 2 mg/L) was still exceeded. In order to improve the
effectiveness of phosphate removal, the cycle of operation of SBR should be modified by means of
changes in the duration of aerobic–anaerobic phases [28].

3.1.3. Removal of Color and Turbidity

Figures 4 and 5 show the treatment efficiency of the SBR system with respect to the changes in the
color and the turbidity. From these results, it is clear that over the whole experiment, the efficiency
of the SBR system in terms of color and turbidity was at a constant high level. During 22 days of
continuous SBR system operation, the color of grey water decreased from an average value of 201
mgPt/L to 44 mgPt/L, which corresponds to an average removal of 78%. Meanwhile, the average grey
water turbidity decreased from 28 FTU to 4 FTU corresponds to an average removal of 84%.
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Figure 4. The removal performance of the SBR system with respect to the changes in the color and
the turbidity.

 

Figure 5. Changes in the color and the turbidity of grey water under treatment with SBR followed
by ultrafiltration.

3.2. SBR Effluent Treatment by Ultrafiltration

The treatment efficiency of SBR effluent in an ultrafiltration unit with different membranes is
presented in Figure 6 and Table S3 (Supplementary file). As expected, for ultrafiltration, removal
of organics expressed by the color, absorbance, COD, and TOC was very high. More specifically,
the color, absorbanceUV254, COD, and TOC were reduced maximally by 73%, 91%, 84%, and 91%,
respectively. Slightly lower elimination was observed for inorganic quality parameters. Conductivity,
nitrate, phosphate, ammonium, and total nitrogen were reduced by 61%, 64%, 79%, 85%, and 59%. It is
important to emphasize that negative charge of membranes at pH 7–8 (as seen in Figure 8) played
an important role in the reduction of conductivity, phosphate, and nitrate ions in SBR effluent. The
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literature describes that negatively charged ultrafiltration membranes reject phosphate ions by 87%, as
an effect of electrostatic repulsion [29]. Another important influencing factor on the rejection of ions and
organics in the ultrafiltration unit treating wastewater/surface water can be hydrophobic/hydrophilic
interactions between organics and ions in feed water [30]. For example, Shang et al. reported that
high phosphate removal was attributed to the adsorption of phosphate on biopolymers in effluent and
removal with these biopolymers [31].
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Figure 6. Reduction values of organic (a) and inorganic (b) parameters during the ultrafiltration of SBR
effluent. Each bar corresponds to the filtration cycle 1–3.

Surprisingly, membrane DSGM with the lower value of MWCO provided permeate quality
values very similar to the values for BN and V3 membranes with higher MWCO. This brings an
important finding that the treatment efficiency was more affected by operational conditions of
cross-flow ultrafiltration than by membrane properties. When good mixing and turbulent flow along
the membrane surface are guaranteed, as it is in cross-flow, other factors affecting permeability and
selectivity are less important [32]. Feed nature could also play an important role. From the quality
parameters of SBR effluent, we can assume that SBR effluent did not contain a significant portion of
low molecular weight organics that needed to be removed. Another reason could be the fouling layer
that supported the retention of pollutants by BN and V3 membranes. Jerman et al. found that the cake
or gel layer acts as an additional membrane in ultrafiltration and improves retention by up to 40% [33].

It was also found that treatment efficiency increased within cycles 1–3 for all membranes (Figure 6).
It can be related to the formation of the cake layer on the membrane surface of BN and V3. This
corresponds well with the permeability loss observed for these membranes. Many authors suggest
that the cake layer decreases membrane permeability by the reduction of effective pore size and
improves the retention of organics and ions [34–36]. However, in the case of the DSGM membrane,
there was no fouling so the cake layer was probably not created. The reason for increasing retention
over time for DSGM can be related to the concentration effect of feed components within cycles
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1–3. In the literature, the influence of the feed concentration on both ions and organics removal
can be found [37,38]. Muthumareeswaran et al. have found that a change of the concentration of
feed components in the multicomponent system affects their retention due to the ionic interaction
between the feed components (Columbic interaction), molar volume, and interaction between ions and
membrane surface charge [39].

Importantly, physical, chemical, and microbiological specifications (smell, color, turbidity, TOC,
ammonium, nitrate, chloride, conductivity, hardness, E. coli, and enterococci) of the permeate correspond
well with typical tap water values of basic quality parameters [40].

3.3. Microbiological Quality of Grey Water

Pathogens, such as Escherichia coli and Enterococci, have been identified in grey water (Table 3).
The concentration of these bacteria was above 100 CFU per 100 mL. During the biological purification
process in the SBR system, the presence of Escherichia coli did not change, while Enterococci decreased
to an average of 3 CFU per 100 mL of sample. Then, ultrafiltration for each UF membranes resulted in
the complete removal of the determined pathogens [41]. High pathogen removal from the E. coli group
was also noted in the SMBR system from Khalid Bani-Melhem et al. [3].

Table 3. Microbiological quality of grey water.

Parameter Unit Grey Water SBR Effluent UF Permeate of BN/V3/DSGM

Escherichia coli CFU/100 mL >100 >100 0
Enterococci CFU/100 mL >100 3 0

3.4. Membrane Permeability and Fouling Behavior in Ultrafiltration

Hydraulic performance of membranes was evaluated by permeability loss as a function of time.
As seen in Figure 7, the permeability decreased gradually for BN and V3 membranes, while for
DSGM, permeability was constant along the ultrafiltration. In other words, fouling was not observed
for the DSGM membrane. This finding is very important in the context of membrane lifetime and
reducing operational cost. Similarly, Acero et al. reported that UF membranes (with higher MWCO)
revealed higher fouling than NF membranes (with lower MWCO) [42]. It can be explained by different
surface properties of given membranes, such as hydrophilicity/hydrophobicity and surface charge
(zeta potential curve and isoelectric point). The contact angle and isoelectric points of clean and
fouled membranes are listed in Table 4. Zeta potential curves for clean and fouled membranes are
presented in Figure 8. Owing to the lowest contact angle and strong negative surface charge, the DSGM
membrane had the best antifouling properties. On the contrary, the surface of BN and V3 membranes
was much more hydrophobic, and thus more prone to adsorb the feed components. Some authors
reported a high importance of membrane hydrophilicity and negative charge for fouling mitigation in
ultrafiltration [43–45] treating water or wastewater.

In order to investigate this further, the hydraulically reversible and hydraulically irreversible
resistances were calculated. As seen in Figure 9, the total fouling (sum of reversible and irreversible
resistances) was higher for the V3 membrane. However, considering the proportion of reversible and
irreversible resistances for these membranes, it is clear that fouling behavior for these membranes
exhibited the opposite trend. More specifically, a significant proportion of the increase in resistance for
the V3 membrane was hydraulically reversible, while hydraulically irreversible for the BN membrane.
Reversibility/irreversibility of fouling depends on the surface properties of membranes. It is in good
correspondence with changes of course of zeta potential curves and shift in isoelectric point for clean
and fouled membranes. Membrane V3 with the lower negative charge was more sensitive to fouling
overall than the BN membrane. However, for the BN membrane, we observed the higher shift in
isoelectric point (from 3.01 to 3.55) than for V3 (from 5.1 to 5.25) indicating a persistent change in BN
membrane properties caused by irreversible fouling.
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Figure 7. Permeability loss as a function of time of UF for different types of membranes. Ultrafiltration
with DSGM membrane was performed without forward flushing due to constant permeability.

Table 4. Contact angle and isoelectric point for clean and fouled membranes.

Membrane
Contact Angle Isoelectric Point

Clean Membrane Fouled Membrane Clean Membrane Fouled Membrane

DSGM 45.5 ± 3.2 46.25 ± 2.8 - -
V3 71.5 ± 1.9 73.5 ± 3.8 5.05 5.25
BN 75.0 ± 1.4 78.6 ± 1.2 3.01 3.55
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4. Conclusions

This study proved a great performance of SBR followed by ultrafiltration to obtain high-quality
water for non-potable purposes from real grey water. Purified grey water fulfilled criteria for wastewater
discharged into water or soil as well as physical, chemical, and microbiological requirements for tap
water. It is a good starting point to find new reuse application of reclaimed grey water.

The following conclusions can be reached from the experimental results.

1. The SBR system ensured the complete removal of nonionic surfactants and 97% removal of
anionic surfactants from grey water.

2. Removal of phosphate in SBR was, on average, 42%, but its concentration still exceeded acceptable
values. It could probably be related to the variable concentration of raw grey water. It was stated
that in order to improve the phosphorus reduction, in subsequent studies, the cycle of operation
of SBR should be modified by means of changes in the duration of aerobic–anaerobic phases.

3. In ultrafiltration treatment, there was an efficiency increase in filtration time due to the formation
of a cake layer or concentration effect.

4. Treatment efficiency in ultrafiltration was mainly influenced by the cross-flow filtration mode
and nature of feed water.

5. Membrane properties played an important role in fouling behavior, but did not greatly affect
treatment efficiency.

6. Membrane DSGM did not show fouling in permeate flux monitoring. It is a consequence of the
initial properties of this membrane such as the lowest contact angle and the most negative zeta
potential when compared with the BN and V3 membranes, for which fouling was observed.

Supplementary Materials: The following is available online at http://www.mdpi.com/2073-4441/12/1/154/s1,
Table S1: Codes of the Merck test kits, Table S2: Values of quality parameters and reduction degree for SBR system,
Table S3: Values of quality parameters measured in SBR effluent and permeate samples.
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Abstract: Water shortage is a very concerning issue in the Mediterranean region, menacing the
viability of the agriculture sector and in some countries, population wellbeing. At the same time,
liquid effluent volumes generated from agro-food industries in general and olive oil industry in
particular, are quite huge. Thus, the main aim of this work is to suggest a sustainable solution for the
management of olive mill wastewaters (OMWW) with possible reuse in irrigation. This work is a
part of a series of papers valorizing all the outputs of a three-phase system of oil mills. It deals with
recovery, by condensation, of water from both OMWW and OMWW-impregnated biomasses (sawdust
and wood chips), during a convective drying operation (air velocity: 1 m/s and air temperature: 50 ◦C).
The experimental results showed that the water yield recovery reaches about 95%. The condensate
waters have low electrical conductivity and salinities but also acidic pH values and slightly high
chemical oxygen demand (COD) values. However, they could be returned suitable for reuse in
agriculture after additional low-cost treatment.

Keywords: OMWW; drying; water recovery; water characterization; sustainable development

1. Introduction

Water scarcity in the Mediterranean region is becoming a growing concern, menacing the viability
of agriculture, which represents an important economic sector in many countries [1]. This water
shortage is accentuated in the last decades due to the undeniable climate change causing recurrent
long periods of drought. The efficient wastewaters treatment and their controlled reuse in irrigation
can contribute to water saving and potentially address this water shortage issue [2,3].

Generally, treated municipal wastewater is the main recyclable source for irrigation. This treatment
and reuse process contributes strongly to the potable water resources conservation and reduces the
wastewater’s negative impacts related to the effluents release into the environment [4]. However,
the wastewater chemical composition needs to be controlled due to the presence of a variety of
pollutants including heavy metals, organic compounds, bacteria, etc. [5,6]. These contaminants may
generate problems for agricultural production affecting crop quantity and quality [7,8]. Therefore, the
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interest turned towards agro-industrial wastewaters, because of the large amounts produced and their
relative high contents in nutrients [9].

Still, in the Mediterranean region, the olive oil industry generates large quantities of olive
byproducts that should be appropriately managed [10]. Different kinds of extraction processes are
commonly used. The three-phase system, mainly used in Tunisia, Greece, and Italy, generates a
solid residue (named olive mill solid waste (OMSW)) and a liquid effluent (olive mill wastewater
(OMWW)). Approximately, 30 million tons of OMWW are generated each year in the Mediterranean
region [11]. The OMWW, which is slightly acidic, contains a large fraction of water (around 80%)
and high contents of soluble organic compounds and salts [12]. These wastes are often discharged
and stored in natural open-air basins (Figure 1a). Indeed, the OMWW surface rapidly dries (as a
result of the heat supplied by air flow and sun heating) and a crust (with a plastic consistency) rapidly
covers the surface (Figure 1b–d). Such crust inhibits the mass and heat transfers and, therefore, water
evaporation. In these conditions, the aqueous phase could diffuse and percolate in the subsoil, leading
to soils infertility and groundwater pollution. Furthermore, it is the origin of bad smells and the
development of several varieties of mosquitoes.

  
(a) (b) 

  
(c) (d) 

Figure 1. Photos of olive mill wastewaters (OMWW) evolution in deposit basins in the region of
Mahdia (Tunisia) at different drying stage.

Sustainable OMWW management has been pointed out as an urgent challenge in order to
tackle the disadvantages cited above [11–13]. More than 20 applicable procedures are mentioned
in scientific publications, including elemental operations such as flocculation, ultrafiltration, and
chemical treatments or combined operations such as centrifugation–ultrafiltration. These techniques
are generally tested in a laboratory or in a pilot plant, without posterior industrial projections.
Some treatment and valorization systems presenting some degree of applicability are summarized
in Table 1.
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Table 1. Main applied technologies for OMWW treatment.

Technology Description Advantages Drawbacks

Land spreading
OMWW is used as

amendment
(30–80 m3 ha−1 year−1)

- Low cost operation
- Soil fertility and

crops growth

• Effect on soil is controversial
• Possibility of groundwater

contamination
through infiltration

Composting
Aerobic breakdown of

organic content of
OMWW

- soil fertility and
crops growth

• Location far from urban or
transit zones (bad smell)

• Possibility of Groundwater
contamination by
drainage water

Thermal treatment OMWW mixing with dry
olive husk wastes

- Wastes reduction and
energy recovery

• High cost of drying
• High investment and

operating costs

Membrane filtration
Separation of the solid

fraction using
multilayered filters

- Treatment of
high flowrates

- Water recovery and
solid subsequent reuse

• High energy consumption
• High risk of filters clogging

Biological treatment
Biological degradation of

the organic matter in
anaerobic digesters

- Low
energy consumption

• Expensive plantings
and machinery

• Production of high amounts
of activated sludge

Coagulation-flocculation
Aggregation of the
suspended matter

through polyers addition
- Water recovery

• Expensive plantings
and machinery

• Production of high amounts
of activated sludge

Electrocoagulation

Imposition a current
between two electrodes

immersed in an
electrolyte to produce a

coagulant in solution

- Water recovery
- No necessity of using

expensive machinery,
no use of moving parts

• High energy consumption
• Production of high amounts

of sludge containing
heavy metals

Adsorption
Elimination of organic
and mineral content by

using porous media

- Low cost, availability,
and flexibility

- Water recovery

• Pollution transfer from
liquid to solid phase

• Limited treatment yield

The agronomic use of OMWW through its spreading on soils, directly or following a composting
process, has several drawbacks, including the modification of soils’ physical, chemical, and biological
properties. On the contrary, the thermal treatment could be an interesting solution since it permits
the recovery of biofuels (for energy production) and biochars (for agronomic and environmental
purposes). However, the high moisture content is not economically favorable for the direct OMWW
thermochemical conversion [14,15]. In order to face such constraint, the OMWW impregnation
on lignocellulosic biomass was proposed to recuperate the organic matter followed by agropellets
production [16]. Nevertheless, the pellets’ combustion in domestic boilers has some drawbacks, like
particulate matters emissions and ash accumulation, due to the high mineral contents in OMWW [17].

Recently, an environmentally friendly strategy for the OMWW valorization, including different
procedures, was implemented [18]. The first step was the impregnation of wood sawdust with
OMWW, leading to the recovery of the OMWW’s organic and nutrient compounds. The second step
of drying showed that the impregnation stage led, not only to the oily fraction retention, but also
to the acceleration of water evaporation kinetic. The third step consisted of the pyrolysis of these
impregnated samples, which led to high yields of chars with attractive nutrients concentrations,
especially potassium and phosphorus. The last step concerned the application of the obtained chars as
bio-fertilizers. This operation confirmed a beneficial effect on the plant growth [18].
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More precisely, and as far as the drying step is concerned, the experiments were carried out in
a convective dryer under different operating conditions (velocity, temperature). The kinetic results
confirmed that the drying of the impregnated samples was faster than that of OMWW samples.
But more importantly, such procedure could probably allow an ecologic recovery of water from
OMWW [19]. In this vein, this paper aims to examine the water recovery from the drying step and
its characterization for a possible reuse in irrigation. Indeed, water management will be increasingly
strategic, especially in the Mediterranean basin. Very few works in the literature deal with the recovery
of water for an agricultural purpose after a drying operation [20]. These studies are focused on the
recovering of added-value chemicals in water, for example, essential oils extraction [21].

2. Materials and Methods

2.1. Samples Preparation

Olive mill wastewater (OMWW) used in this study was provided by an olive mill located in
the city of Touta, North East of Tunisia. This olive mill plant uses the three-phase extraction system
for olive oil production. Sawdust was provided by Nollinger sawmill located in Illfurth (France).
Wood chips were supplied by the firewood supplier Farmingroad located in Reguisheim (France).

Five samples were prepared during this investigation in order to examine the water recovery
process and analyze its quality for the possible reuse in agriculture. The raw OMWW sample (moisture
content: 91% wet basis, wb.) was used for the impregnation procedure. This sample was also used
without impregnation for the water recovery tests. The impregnation samples were prepared according
to the procedure applied in previous investigations [16,17]. Impregnated sawdust (IS) was prepared
by mixing 2 kg of OMWW with 0.5 kg of sawdust (moisture content: 24% wb.) for 24 h. The initial
moisture content of the IS before drying was 78% wb. In a similar way, impregnated wood chips (IWC)
were prepared by mixing 1.5 kg of OMWW with 0.5 kg of wood chips (moisture content: 24% wb.).
The initial moisture of IWC before the drying test was 74% wb.

Two complementary samples (blank tests) were required in order to identify the effect of the
OMWW impregnation on the water quality. Hence, humidified sawdust (HS) was prepared by
emerging 0.5 kg of sawdust in 2 L deionized water respecting the same procedure as for OMWW
impregnation. Humidified wood chips (HWC) were prepared by emerging 0.5 kg of wood chips in
1.5 L deionized water.

2.2. Experimental Drying Tests

Experimental drying tests were performed using a laboratory convective dryer (Figure 2) previously
described in details [19].

 

1 

2 3 

Figure 2. Experimental dryer.
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During the drying tests, samples were placed in an open Plexiglas box (19 × 13 × 3 cm). The level
of wet samples is accurately adjusted to the upper rim of the box. The mass of the studied sample was
recorded in order to measure the moisture content progress versus time. A fan (1) introduces air in the
dryer with an air velocity of 1 m/s. The fan is settled for having an air velocity directly onto the material
surface. The air heating is achieved by electrical resistances (2) at 50 ◦C. The air temperature in the
drying chamber is controlled by a proportional–integral–derivative (PID) control loop. The operating
drying conditions (1 m/s and T = 50 ◦C) were selected from previous results [19] in order to have a
good compromise between the drying time and the energy consumption. Temperature, humidity, and
flow rate are continuously measured by several sensors; 1 for fluid velocity in the duct, 3 humidity
sensors (room air, hot air at the drying chamber inlet, and at the dryer outlet) and 7 thermocouples
(room air, hot air, 4 in the drying chamber, and 1 at the dryer outlet).

From mass measurements, the moisture content X is given by:

X(t) =
m(t) − mf

m(t)
(1)

where m(t) is the sample weight at time t and mf is the sample weight at the end of the drying.

2.3. Water Condensation and Recovery

In order to examine the water recovery from the impregnated samples, an accessory material was
implemented at the dryer outlet. In particular, a boiler condenser (Figure 3) was used for the water
condensation at the outlet of the dryer. For this purpose, the moist air flow is introduced in the boiler
exchanger. The latter is cooled by an antifreeze fluid circulating into the aluminum jacket.

 
Figure 3. Boiler condenser used for the water recovery experiments.

2.4. Condensed Water Characterization

The condensed water recovered after the drying operation of raw OMWW, IS, IWC, HS, and HWC
was physico-chemically characterized by using different analytical techniques in order to assess their
potential reuse for irrigation in agriculture. This characterization concerned the assessment of: (i) Their
pH by using a HI 2211 (HANNA Instrument, Lingolsheim, France) apparatus, (ii) their electrical
conductivity (salinity) through a PC 5000 L (VWR, Radnor, PA, USA) device, (iii) their chemical oxygen
demand (COD) via the open reflux using dichromate titrimetric method [22], and (iv) their contents in
inorganic anions and cations through ion chromatography analyzer (Metrohm, Herisau, Switzerland).
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2.5. Gas Chromatography–Mass Spectrometry

2.5.1. Chemicals and Reagents

Reagents were purchased from Sigma–Aldrich (St Quentin Fallavier, France) for methoxyamine
hydrochloride and Alfa Aesar (by Thermo Fisher, Karlsruhe, Germany) for anhydrous pyridine and
MSTFA). LC-MS grade water was purchased from Fisher Scientific (Illkirch, France).

2.5.2. Derivatization

A volume of 30 μL of each sample was lyophilized and then re-dissolved in 20 μL of 30 mg mL−1

methoxyamine hydrochloride in anhydrous pyridine and derivatized at 37 ◦C for 120 min with mixing
at 600 rpm. The samples were incubated for 30 min with mixing at 600 rpm after addition of both 80 μL
of N-methyl-N-(trimethylsilyl)trifluoroacetamide (MSTFA). Each derivatized sample was allowed to
rest for 30 min prior to injection.

2.5.3. GC–MS Instrument Conditions

Samples (1 μL) were injected into a GC–EI–MS system comprising an AOC-20i Auto-injector,
a Shimadzu GC-2010 gas chromatograph, and a Shimadzu GCMS-QP2010 mass spectrometer
(Shimadzu, Kyoto, Japan) with an electron impact (EI) ion source and quadrupole analyzer. The GC
was operated in constant linear velocity mode (40.3 cm s−1) with helium as the carrier gas and using
phenoxyacetic acid as a standard for retention time locking of the method. The MS was adjusted
using perfluorotributylamine (PFTBA). An SGE Analytical Science BPX5 column (25 m long, 0.15 mm
inner diameter, 0.25 μm film thickness) was used. The injection temperature in splitless mode was
set at 310 ◦C, the MS transfer line at 330 ◦C, and the ion source adjusted to 200 ◦C. Helium was used
as the carrier gas at a flow rate of 0.97 mL min−1. The following temperature program was used;
injection at 110 ◦C, hold for 4 min, followed by a 10.5 ◦C min−1 oven temperature, ramp to 155 ◦C,
then 11.5 ◦C min−1 oven temperature, ramp to 350 ◦C, and a final 6 min heating at 350 ◦C.

2.5.4. Chemical Identification

Gas Chromatography–Mass Spectrometry (GC-MS) results are analyzed from the National Institute
of Standards and Technology (NIST) 05 database and identified chemicals are validated by comparison
with injection of commercial standards.

3. Results

3.1. Kinetic Study

Figure 4 shows the evolution of the drying in time of the OMWW, IS, and IWC in terms of moisture
content X versus time.

One can see that for the three samples, the moisture ratio decreased continuously with the drying
time, with different constant rate drying period. This is in accordance with other works dealing with
the drying of OMWW [23] and of other biomasses impregnated with OWWW [19,23].

During the first phase of drying, the slope of the moisture curve was very dependent on the
sample used. Indeed, the highest one was observed for the IWC, followed by IS, and OMWW. As this
stage corresponded to the departure of free or/and weakly bound water, one can attribute the difference
to the mixture density and its porosity. Indeed, there were more voids within the impregnated wood
chips (IWC), which led to a better air infiltration, whereas the impregnated sawdust (IS) was more
compact and formed a paste-like mixture. As for the OMWW, the oily layer transformed into a crust
at the top of the liquid, which may explain the slow evaporation rate and why the first stage ended
earlier (16 h) compared to IWC (19.5 h) and IS (33.8 h).

In the second drying stage (drying stage separation shown by a dotted line in Figure 3),
this tendency was inversed and the slopes were in the following order: OMWW > IS > IWC.
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The acceleration in OMWW drying, during the second phase, could be the result of the cracking of the
crust layer (white patch shown in Figure 5, circled in red), due to the evaporated water under the crust
forcing a way out on one hand and to the mechanical action of the convective air on the other hand.
The resulting fissures then allow water to escape, and therefore the drying rate is increased.

0

0.2

0.4

0.6

0.8

1

0 10 20 30 40 50

X
(w

b)

Time (hours)

OMWW

IS

IWC

Figure 4. Moisture content profile during the convective drying for raw olive mill wastewater (OMWW),
impregnated sawdust (IS), and impregnated wood chips (IWC).

The reason the IS drying rate was higher than that of IWC during the second stage may be related
to the impregnation procedure and the material nature. Indeed, as sawdust is a finer and thinner
material than the wood chips, its mixture with the oily liquid might have promoted the formation of
stronger chemical bonds between the solid matrix and the liquid phase. The phenomenon of water
and oil retention on the biomass fibers is probably the reason their slopes were inferior.

For the two impregnated solids, the water loss rate was less in the second stage, compared to
the first one. Following the decrease in the concentration gradient between the samples and the
surrounding air, mass flow was limited within the solid samples. This is due to bound water, which is
more difficult to remove. In fact, the drying process is limited by a diffusion phase within the solid
matrix. The vaporization front gradually moves towards the interior of the material. As water vapor
has a longer way to cross, the surface pressure decreases. The difference between the latter and the
vapor pressure of the surrounding air also decrease, slowing down the exchange and consequently the
rate of drying [24].

Finally, it is important to point out that the drying of the impregnated biomasses was faster than
that of the OMWW sample (× 2 for IS and × 3.5 for IWC) during only the first stage of drying. Such a
conclusion was reached for impregnated olive cake and impregnated sawdust (two times faster than
OMWW for both materials) but for the whole operation of drying [19]. This may be linked to the
fact that in the mentioned paper, the layer to dry was thin (3 mm) whereas it was 3 cm in the present
study. During the second stage, the drying was lower (× 1/2 for IS and × 1/3.5 for IWC) compared to
OMWW, which explains why the amount of water evaporated per hour was substantially the same for
all the samples.
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Before drying 

After drying 

Figure 5. IWC, OMWW, and IS before and after drying.

3.2. Water Recovery

Figure 6 shows the ratio of recovered water by the initial water during the drying operation for
OMWW, IS, and IWC. The final ratios of condensed water are interesting since they were around 80%
for OMWW and IWC and as high as 95% for IS. In a context of water shortage, such yields are very
promising for further subsequent use.

The impregnation process not only shortened the drying time during the first step, but also
increased the contained water recovery ratio by 18% to 35% during the whole condensation operation.
Moreover, dried IS samples have the shape of bricks (Figure 7) with good mechanical properties on
one hand and with increased high heating values (18 MJ/kg) compared to non-impregnated ones
(16.4 MJ/kg) on the other hand. These bricks are homogenous, well-bonded, and can be easily removed
from the container, contrarily to the dried OMWW where the oily and plastic phase makes it stick to
the box and hard to remove. All these aspects make dried IS easy to handle, transport, and store and,
suitable for direct use as bio-fuels or for a densification process by briquetting or pelletizing.

94



Water 2019, 11, 768

0

0.2

0.4

0.6

0.8

1

0 10 20 30 40 50

W
at

er
 R

ec
ov

er
y 

R
at

io

Time (hours)

OMWW

IS

IWC

Figure 6. Water recovered ratio during drying for OMWW, IS, and IWC.

 
Figure 7. Impregnated sawdust at the end of the drying operation.

3.3. Recovered Water Characterization

Figure 8 shows the aspect of recuperated condensed water (right) and of the raw OMWW
(left). Despite the clearness of the obtained waters, their characterization is essential to ensure their
compliance with water irrigation standards.
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Figure 8. Aspect of OMWW (left) and recovered-condensed water from raw OMWW (right).

As mentioned in Section 2.4, several parameters were measured for this purpose. Table 2 gives
these main physico-chemical properties of the raw OMWW and the recovered water from the drying
operation of OMWW, IS, IWC, HS, and HWC, in comparison with the Tunisian standard for both
discharging in water bodies and reuse in agriculture (norms NT 4106.002, NT 106.003 and decree-law
N◦89-1047 of 28 July 1989).

Table 2. Main parameters of raw OMWW and allowable concentrations (standards).

Parameter
Raw

OMWW
OMWW IS IWC HS HWC

Discharging
Norm

Reuse in
Agriculture Norm

pH 4.8 3.5 3.9 3.8 3.8 3.7 6.5–8.5 6.5–8.5
EC (mS/cm) 9.73 0.25 0.23 0.27 0.05 0.02 5.00 7.00
COD (g/L) 100.00 8.38 2.10 8.40 0.10 0.04 0.13 0.09

Na+ (mg/L) 2465.0 2.0 3.3 1.2 3.3 2.6 700 -
K+ (mg/L) 5046.5 5.0 1.9 2.0 2.1 4.5 50 -

Mg2+(mg/L) 1462.5 0.4 1.1 0.4 0.8 1.0 300 -
Ca2+ (mg/L) 1907.8 1.7 4.3 1.5 3.0 3.9 500 -
Ptotal (mg/L) 832.1 0.7 1.6 1.4 24.8 1.9 2 -
NO3

− (mg/L) 1056.8 1.5 1.6 0.4 3.0 5.5 600 -
Cl− (mg/L) 1912.9 4.8 4.3 2.3 8.5 2.6 700 2000.0

According to Table 2, all the raw OMWW physico-chemical characteristics were much higher
than the discharging and reuse requirements. For instance, the OMMW’ COD contents and
phosphorus concentrations were about 769- and 416-fold higher than the related fixed maximum
concentrations, respectively.

At the same time, the drying operation significantly decreased the pH of the recovered water
solution compared to the raw OMWW (4.77). Indeed, the pH values of the recovered solutions varied
between 3.9 for IS and 3.5 for OMWW. These values are again very low compared to the fixed norms of
discharging and reuse (Table 2). However, their adjustment to these norms could be easily performed by
filtrating these recovered solutions through low-cost alkaline wastes such as seashell [25] or powdered
marble [26]. Furthermore, the drying procedure also significantly decreased the electrical conductivity
of the raw OMWW from 9.73 mS cm−1 to about 0.25 mS cm−1 for the recovered waters. This result
was expected since waters that were evaporated during convective drying (low-temperature drying)
contain very little inorganic ionic compounds. All these values were significantly lower than the fixed
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norm for wastewater discharging in water bodies or reuse in agriculture. The blank tests (HS and
HWC) showed a low impact of the sawdust and the wood chips since the related recovered waters had
very low EC and COD compared to the same solid matrixes when impregnated with OMWW.

Concerning the COD contents, all the recovered water solutions had low values compared to the
raw OMWW (100 g L−1). The lowest value (2.1 g L−1) was registered for impregnated sawdust (IS).
The highest one (8.4 g L−1) was observed for IWC and could be imputed to the release of supplementary
organic matter from the solid matrix into the impregnating liquid phase. Electrical conductivity, pH,
and COD tests were duplicated with recovered waters from different drying experiments. While pH
and EC were close to each other, COD measurements were sensibly different (for example 2.3 and
14.4 g L−1 for OMWW). This difference is attributed to the time spent in open air. Indeed, the more
the air was evacuated, the more the COD was decreased (2.3 g L−1 with 12 h venting and 14.4 g L−1

with no aeration). All the measured COD contents of the recovered waters were higher than the set
standards. These values could be significantly decreased through specific treatment (depending on the
detailed characterization of the contained dissolved organic matter) and mixing with other waters.

On the other hand, the IC analyses showed that for all the samples, the main anions and cations
contents were significantly lower than the fixed norms (Table 2). Moreover, the suggested treatment
cited above for the increase of these recovered waters pH by using low-cost alkaline materials such
as powdered marble or seashell, will certainly enrich them with mineral elements such as calcium
and magnesium.

Moreover, GC-MS investigations showed that the organic chemicals found came from olive oil,
residues, and wood. Indeed, classical fatty acids coming from olive oil such as myristic, palmitic, and
stearic acids, as well as tyrosol and vanillin were transferred into the recovered waters. Waters from
OMWW and impregnated biomasses also contained short-chain acids such as acetic, malonic, butanoic,
fumaric, and succinic, which could explain the difference of COD after sample venting.

Wood chips and sawdust significantly released chemicals like glycerol, beta-alanine, D-glucose,
urea, and some short-chain organic acids (D-glyceric, succinic, acetic, etc.,) into waters. These chemicals
come from both impregnated biomasses and humidified ones.

Therefore, a tertiary treatment is necessary to adjust the pH and decrease the COD in order to
use these waters in agriculture. A low-cost solution could be the filtration through low-cost materials
such as the cited-above raw/modified mineral wastes (seashell or powdered marble) and a proper
ventilation to extract organic volatile compounds.

4. Conclusions

In this paper, a sustainable strategy for recovery of water from olive mill wastewater (OMWW)
is proposed. This strategy includes (i) the impregnation of OMWW on lignocellulosic biomass
(oak sawdust, wood chips), (ii) the controlled drying of the impregnation samples in a convective
dryer, (iii) the water recovery from the drying operation through condensation process, and (iv) the
material recovery of the dried impregnated biomasses for thermochemical conversion process
(combustion/pyrolysis for energy/biochar production).

The quality of the recovered water was emphasized in this present work. In particular, different
characterization techniques were used in order to assess the potential use of the recovered water in
agriculture application. It was observed that the condensate waters are attractive for an agricultural
purpose, but they do require an additional treatment to adjust the pH and to decrease its COD content.

This study performed at laboratory scale is a useful starting point for scaling up and
ensuring sustainability.
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Abstract: Raw poultry manure (RPM) and its derived biochars at temperatures of 400 (B400) and
600 ◦C (B600) were physico-chemically characterized, and their ability to release nutrients was
assessed under static conditions. The experimental results showed that RPM pyrolysis operation
significantly affects its morphology, surface charges, and area, as well as its functional groups contents,
which in turn influences its nutrient release ability. The batch experiments indicated that nutrient
release from the RPM as well as biochars attains a pseudo-equilibrium state after a contact time
of about 48 h. RPM pyrolysis increased phosphorus stability in residual biochars and, in contrast,
transformed potassium to a more leachable form. For instance, at this contact time, P- and K-released
amounts passed from 5.1 and 25.6 mg g−1 for RPM to only 3.8 and more than 43.3 mg g−1 for B400,
respectively. On the other hand, six successive leaching batch experiments with a duration of 48 h
each showed that P and K release from the produced biochars was a very slow process since negligible
amounts continued to be released even after a total duration of 12 days. All these results suggest that
RPM-derived biochars have specific physico-chemical characteristics allowing them to be used in
agriculture as low-cost and slow-release fertilizers.

Keywords: raw poultry manure; pyrolysis; biochar; characterization; leaching; phosphorus; potassium

1. Introduction

Raw poultry manure (RPM) is a chicken waste that is produced from the normal operation of
hatcheries, turkey, broiler, and egg laying [1]. Huge amounts of RPM are annually produced in the
world. In the USA, the annual production of animal manure dry matter was estimated to be more than
19 million tons in 2018 [2]. In Tunisia, poultry production has seen a sharp increase during the last
decade, generating about 400,000 tons/year of manure [3].

The composition of poultry manure is variable and depends mainly on the type of feed [4]. It
generally contains high levels of organic carbon and nutrients, such as nitrogen, potassium, and
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phosphorus, which are indispensable macro-elements for soil fertility improvement and crop growth
enhancement [5,6]. The sustainable management of this biowaste has been pointed out as an urgent
priority due to its possible negative effects on human health and the environment [5,7]. In fact, the
traditional methods for RPM management have various drawbacks [8]. Incineration has been the most
widely used technique to reduce the huge volumes of RPM. However, the relatively high ash contents
in RPM requires mitigation technologies [9]. Thermal gasification has also been investigated at the
farm level, but gas quality is poor and requires extensive cleaning, which is expensive, particularly
at the farm scale [10]. Likewise, the methane-fermentation process of malodorous RPM is generally
limited by its excessive nitrogen contents [3]. Direct land application of fresh RPM or its composted
form as organic amendments may result in: (i) The spread of pathogens [1], (ii) air pollution due to
the emission of greenhouse gases and phytotoxic substances [11,12], and (iii) possible surface water
resources eutrophication and groundwater pollution [3] due to nitrogen and phosphorus leaching [13].
One of the main potential methods used to reduce nutrient losses from RPM is thermal conversion by
pyrolysis (in the absence of oxygen) into biogas and bio-oil that could have an important energetic
added value [14–16] and a solid residue, named biochar. Biochars are highly porous carbonaceous
materials that could be valorized for agricultural purposes as soil amendments [17,18], for climate
change mitigation through carbon sequestration and a reduction of greenhouse gas emissions [19],
and for environmental protection since they exhibit large capacities in removing various pollutants
from both liquid and gas effluents [2,14,20,21]. All the above-cited effects are very dependent on
the physico-chemical characteristics of the biochars that are mainly linked to the nature of the used
feedstock and also to the pyrolysis experimental settings [22,23]. Therefore, in-depth characterization
of produced biochars under given conditions has been pointed out as a key step in order to select the
best method for their valorization [24]. On the other hand, according to our best of knowledge, no
studies have investigated controlled RPM-derived biochars’ capacities in releasing nutrients versus
time by using the same biochars in successive leaching assays, which is close to what is happening in
situ where biochar-amended soils are successively leached with rainfall and irrigation events. The
majority of studies have attempted to monitor nutrient-release kinetics in a continuous way [22,24,25].
On the other hand, data on the relationships between the physico-chemical characteristics of RPM
and RPM-derived biochars and their time-dependent capacity for phosphorus (P) and potassium (K)
release in aqueous solutions are still missing.

Accordingly, the aims of the current research work were: (i) To study the thermal properties of RPM
through thermogravimetric analyses, (ii) to determine the role of the selected pyrolysis temperatures
on the physico-chemical properties of produced biochars, and (iii) to assess the importance of
physico-chemical characteristics of RPM and its derived biochars on the kinetics and efficiency of
phosphorus and potassium release under various experimental conditions.

2. Materials and Methods

2.1. Preparation of Raw Poultry Manure

The raw poultry manure was collected from a poultry farm in the city of Mornag (South of Tunis,
Tunisia). Fresh RPM feedstock was first air-dried for about 10 days until a constant weight. Then,
it was manually ground in order to have a relatively homogeneous particle size. Finally, RPM was
mechanically sieved by using mechanical sieve shaker (Retch, Haan, Germany). Only fraction with a
particle size less than 1 mm was collected and stored in bags for subsequent analysis.

2.2. Thermogravimetric Analysis of RPM

Thermogravimetric analysis (TGA) of RPM was performed using a thermal analyzer (LABSYS
TG brand, Ireland) under the following thermo-analytical conditions: An RPM mass of 16.7 mg,
a heating gradient of 10 ◦C min−1 for temperatures varying from 30 to 810 ◦C, and a dynamic nitrogen
atmosphere with a flow rate of 10 mL min−1. These TGA measurements were carried out in triplicate
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and the mean values are reported in this study. The TG curves giving the variation of the residual
RPM mass (%) versus time/temperature were derived (DTG curves) in order to get a better idea about
the kinetic of RPM mass losses (mg min−1) and to highlight even slight mass changes.

2.3. Biochar Production and Characterization

The biochars used in this study were derived from pyrolysis of air-dried RPM at two different
temperatures (400 and 600 ◦C). These biochars (named B400 and B600, consecutively) were produced
using a laboratory pyrolysis furnace (Lenton brand oven) with dimensions of 67 cm length, 23 cm
width, and 22 cm height. A pyrolysis metal container with a 13 cm length and 11 cm width equipped
with four 0.5-cm holes in the lid was used, which permitted vapor elimination and maintained an
air-absent environment in the container during the pyrolysis process. At the end of the pyrolysis
operation, the container was taken out of the furnace and cooled down to room temperature. Solid
residues (biochars) were removed from the container and placed in a plastic bag for use throughout
this study.

Air-dried RPM, B400, and B600 were physically characterized through an assessment of: Particle
size distribution by using a Malvern Mastersizer STD06 laser granulometry; surface area and pore
volumes according to the Brunauer, Emmet, and Teller (BET) method, via the measurements obtained
by N2 adsorption using an Autosorb Quantachrome apparatus; and finally, their morphology and
structure through a scanning electron microscope (SEM) apparatus (SU-70). These solid matrices
were also chemically characterized by the determination of: (i) Crystalline phase through X-ray
diffraction (XRD) analyses; (ii) pH of zero-point charge (pHZC) according to the methodology given
by Azzaz et al. [26]; (iii) elemental composition (C, H, N, O, S) by using a “vario EL cube” elemental
analyzer; (iv) moisture, volatile matter, ash, and fixed carbon contents according to the British Standard
Institution (BSI) protocol; and (v) their main contained functional groups through a Fourier transform
infrared spectroscopy apparatus (Agilent Tech Cary 630, Ireland). The spectral resolution of the FTIR
was 1 cm−1 measured between 400 and 4000 cm−1.

2.4. Batch Nutrient Release Experiments

The batch experiments consisted of determining the P and K release kinetics from RPM and its
derived biochars, as well as the effect of some key parameters, such as solution pH and solid matrices
dosages, on this release process. These experiments were conducted at 20 ± 2 ◦C in 120-mL capped
flasks. During these assays, a defined amount of RPM or biochars was shaken in 50 mL of distilled
water for a fixed time at 400 rpm using an IKA RT15 Power IKAMAG multi position magnetic stirrer
for a contact time 48 h. Then, the resulting suspensions were centrifuged at 3000 rpm for 8 min
using a ROTOFIX 32 apparatus and filtrated using a vacuum pumping system. Dissolved P and K
concentrations in filtrates were analyzed by an inductively coupled plasma spectrometry (ICP) device
(Agilent Tech 5100 ICP OES, Ireland). The released amount of P “qP (mg g−1)” or K “qK (mg g−1)” per
gram of solid matrix were determined as follows:

qP =
CP

D
, (1)

qK =
CK

D
, (2)

where CP, CK, and D are the measured released concentrations of P and K, and the used solid matrix
dose, respectively.

All the following batch nutrient release assays were carried out in triplicate and each analysis
data reported in this study is an average of at least three independent parallel sample solutions.
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2.4.1. Effect of Contact Time

The kinetics of P and K release from RPM and the two derived biochars (B400 and B600) was
monitored at 1, 5, 10, and 30 min and 4, 17, 24, and 48 h. During these assays, the solid matrices dosage,
initial aqueous pH, and temperature were fixed to 10 g L−1, 5.6 (natural without adjustment), and
20 ± 2 ◦C, respectively. The subsequent nutrient relse data were fitted to the most common models,
namely pseudo-first order (PFO) and pseudo-second order (PSO) models. The corresponding equations
and the related assumptions were given by Azzaz et al. [26]. In order to assess the applicability of
these two models and their ability in fitting the current experimental data, average percentages errors
(APEs) between the measured and calculated released amounts were estimated as follows [27]:

APE =

∑N
i=1

∣∣∣∣ qexp,i−qth,i
qexp,i

∣∣∣∣
N

, (3)

where qexp,i and qth,i are the experimental and theoretical released P or K quantities at a given time “i”,
respectively. N is the number of experimental data.

2.4.2. Effect of Initial Aqueous pH

The effect of initial aqueous pH on the rate of P and K release from RPM and the derived biochars
was assessed for adjusted values of 3, 5.6 (natural pH), and 8. All these experiments were carried out
at a constant dose of 10 g L−1, a temperature of 20 ± 2 ◦C, and a contact time of 48 h. The aqueous pH
adjustment was performed by using 0.1 M HNO3 or NaOH solutions.

2.4.3. Effect of RPM and RPM-Derived Biochars Doses

The impact of RPM, B400, and B600 doses on P and K release was assessed for an initial aqueous
pH of 5.6 (without adjustment), a temperature of 20 ± 2 ◦C and a contact time of 48 h. The tested doses
were 2, 5, 10, and 15 g L−1.

2.4.4. Successive Nutrient Release Experiments

In order to determine the slowness of the RPM and its two derived biochars’ capacities in releasing
P and K, six successive batch experiments were carried out for a total contact time duration of 12 days.
For each leaching experiment, the same solid samples were put in contact with distilled water at a dose
of 10 g L−1, an initial pH of 5.6 (without adjustment), and a contact time of 48 h. At the end of each
assay, these solid matrices were recovered through filtration by using a vacuum pumping system with
0.45-μm paper filters, and then dried overnight at 40 ◦C. These dried samples were reused for the next
leaching experiment in the presence of new distilled water under the same experimental conditions
cited above.

2.5. Statistical Analysis

All the experimental data (except elemental analysis and granulometric distribution) for RPM and
its derived biochars represent means of at least triplicate measurements. Data were analyzed using
STATISTICA 8.0 (Statsoft, Tulsa, OK, USA). ANOVA with Duncan’s multiple range test were applied
for mean separation at p < 0.05.

3. Results and Discussion

3.1. Thermogravimetric Analysis of Raw Poultry Manure

The TG analysis of RPM was carried out under the experimental conditions given in Section 2.2.
Figure 1 reports the RPM’s TG records and the corresponding first derivative curve (DTG).
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Figure 1. Thermograms (TGs) and its first derivative (DTG) of the used raw poultry manure (RPM
dose = 16.7 mg; heating gradient = 10 ◦C min−1).

Figure 1 shows the presence of three regions with different thermal behavior. Region I spans a
temperature interval of 49 to 179 ◦C, with a progressive mass loss reaching a maximum rate of 9% at the
end of this interval. In this region, the maximum loss rate (0.22% min−1) was observed at a temperature
of 99 ◦C and corresponds to moisture losses from the RPM. The second region is comprised between
179 and 609 ◦C, with a corresponding mass loss of about 27%. A maximum peak rate (0.48% min 1)
was observed at a temperature of 289 ◦C. This peak apparition is mainly due to the thermo-oxidative
degradation of highly oxygenated organic matter contained in RPM, such as labile alkyl systems,
carbohydrates, and fatty acids [28,29]. The last thermal region corresponds to temperatures ranging
between 609 to 810 ◦C, with a corresponding mass loss of 15%. A peak degradation rate was observed
at a temperature of 759 ◦C (0.32% min−1) and could be attributed to the oxidation of mineral and
biogenic salts, such as calcium and potassium carbonate [30]. A global similar trend was reported by
Cimo et al. [30] when studying the thermal behavior of RPM collected from a Sicilian chicken farm
in Italy. It is important to underline that P speciation in biochars is very dependent on the pyrolysis
temperature. At low temperatures, the organic carbon compounds are aromatic and therefore do not
overlap with the P vibrations. For biochars produced at higher temperatures, prevailing P forms are
tricalcium phosphate, hydroxyapatite, calcium, and iron phosphate precipitates [31].

3.2. Characterization of Raw Poultry Manure and Biochars

The main physico-chemical properties of RPM as well as its two derived biochars at temperatures
of 400 and 600 ◦C are given in Table 1. Granulometric characterization showed that the RPM and
the corresponding biochars have a relatively fine texture with a mean particle size of 0.48, 0.43, and
0.31 mm, respectively. The uniformity coefficient (UC), which is the ratio of d60/d10, showed that
RPM and B400 are heterogeneous media because their UCs are higher than 2. However, B600 could
be considered as homogenous since its UC is lower than 2. The fine texture of the relative RPM and
derived biochars indicates that they could play an important role in physico-chemical reactions with
pollutants contained in rainwater or irrigation water [32].
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Table 1. Main physico-chemical characteristics of raw poultry manure (RPM), B400, and B600 (*: In
Wt.% dry basis). For each parameter, means with the same lowercase letters are not statistically different
at p < 0.05.

Physico-Chemical Property RPM B400 B600

Grains Size Distribution

d10 (mm) 0.21 0.16 0.19
d50 (mm) 0.48 0.43 0.31
d60 (mm) 0.57 0.44 0.33

Uniformity coefficient (UC = d60/d10) 2.71 2.75 1.74
Surface area (m2 g−1)

BET 0.88 4.30 5.34
Charges density

pHZC 9.09 ± 0.03 a 10.87 ± 0.008 b 11.47 ± 0.015 c

Ultimate Analysis (%)*

C 25.56 ± 1.39 b 22.04 ± 1.75 ab 21.22 2.30a
H 3.27 ± 0.79 b 0.87 ± 0.015 a 0.54 ± 0.04 a
N 2.19 ± 0.17 b 0.95 ± 0.19 a 0.64 ± 0.11 a
S 0.69 ± 0.0.17 a 0.68 ± 0.46 a 0.66 ± 0.005 a
O 69.35± 2.43 a 75.45 ± 2.31 b 76.90 ± 2.38 b

C/H 6.87 ± 1.85 a 25.33 ± 1.59 b 35.53 ± 7.61 c

Mineral Composition (mg g−1)

Al 15.97 18.30 23.22
Fe 2.24 3.46 3.68
K 38.12 71.95 66.23

Mg 4.62 6.64 7.11
Na 18.98 20.17 28.67
P 17.00 20.33 43.17
Si 265.81 277.85 390.95
Ti 0.37 0.39 0.51

Proximate Analysis (%)*

Moisture 16.69 ± 0.04 b 0.76 ± 0.09 a 0.80 ± 0.04 a
Ash 51.35 ± 0.38 a 78.64 ± 0.62 b 79.74 ± 0.18 c

Volatile matter 36.34 ± 0.18 b 4.08 ± 0.12 a 3.95 ± 0.13 a
Fixed carbon 11.99 ± 0.05 a 17.72 ± 0.13 c 16.18 ± 0.24 b

The BET surface area of RPM was assessed as 0.88 m2 g−1. Pyrolysis operation increased this
value to 4.30 and 5.34 m2 g−1 for B400 and B600, respectively (Table 1). These relatively low surface
areas could be imputed to the existence of inorganic ash materials at high concentrations that might fill
or block access to micropores [22,33]. Generally, higher specific surfaces areas are obtained for higher
carbonization temperatures of biomasses [23,24]. It is worth mentioning that the BET surface areas
of biochars significantly affect not only the subsurface contaminant mobility but also the microbial
activities [22,29]. These authors reported that the BET specific surface areas of their RPM and derived
biochar at 400 ◦C were 0.90 and 3.94 m2 g−1, respectively, which are fairly close to the values found in
the current study.

SEM analyses of the RPM and its derived biochars produced at temperatures of 400 and 600 ◦C are
shown in Figure S1. RPM particles present a rough structure with a relatively oval shape (Figure S1).
Besides, the pyrolysis process did not induce significant morphological changes. The presence of
relatively small-sized particles in the three used solid materials (Figure S1) should play an important
role in the nature of the physicochemical reactions with dissolved substances in liquid effluents [34].

The XRD spectra of RMP, B400, and B600 are given in Figure S2. Raw poultry manure showed
an elevated background between 2θ = 21◦, likely attributable to the organic matter content [35,36].
The peaks at 2θ = 28.9◦ and 2θ = 29.6◦ indicate the presence of low crystallinity (quartz and calcite)
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that already exists with a low intensity compared to its two biochars produced at 400 and 600 ◦C,
respectively [37]. In addition to quartz and calcite, the sylvite (KCl), which is a cubic mesh mineral
species of the chloride family, is present for B400 and B600 at peaks equal to 2θ = 40.5◦. The phosphate
mineral whitlockite ((Ca,Mg)3(PO4)2) was identified only in B600 at a peak equal to 2θ = 47.3◦ since
phosphorus reached a more stable form [24,35].

The measured pHZC values of RPM, B400, and B600 were 9.09, 10.87, and 11.47, respectively
(Table 1). This significant increase is mainly attributed to the concentration of the non-carbonized
inorganic elements that were already present in the original feedstock [38]. The same behavior was
reported by Song and Guo [22], who found that RPM carbonization at temperatures of 400 and 600 ◦C
increased pHZC from 9.5 to 10.1 and 11.5, respectively. This observed alkaline property implies that
these materials could be used as pH regulators for acidic soils when used as amendments or for
acidic wastewaters when used as adsorbents for toxic substances. Such valorization pathways will
significantly reduce the use of chemical reagents and hence the related expenses.

On the other hand, RPM pyrolysis significantly decreased C, H, N, and S contents as temperature
increased (Table 1). For instance, original C, H, N, and S contents in RPM decreased respectively by
5.7%, 3.2%, 1.6%, and 0.02% in B600. These findings are mainly due to their transfer to bio-oil and/or
incondensable exhaust during the pyrolysis process [24]. Furthermore, the C/H ratio increased with
the increase of the pyrolysis temperature (Table 1) as a result of dehydration and decarboxylation
reactions [33]. A similar trend was reported by Cimo et al. [30] when studying the pyrolysis of
RPM collected from a chicken farm. They found C/H ratios of 7, 21, and 42 for RPM, and derived
biochars at temperatures of 450 and 600 ◦C, respectively. The larger the C/H ratio is, the higher the
polycondensation degree of organic systems. This confirms that an increasing pyrolysis temperature
favors the formation of polycondensation aromatic rings.

The analysis of inorganic elements showed that silicon (Si), potassium (K), sodium (Na),
phosphorus (P), aluminum (Al), and magnesium (Mg) exist in RPM with relatively high contents. The
concentrations of these elements increase when increasing the pyrolysis temperature (Table 1). For
instance, initial Mg, P, and K contents in RPM increased by 43.7% and 53.9%, 19.5% and 153.9%, 88.7%
and 73.7% for B400 and B600, respectively. The presence of these nutrients in the produced biochars
would be very useful for plant development and growth after land application.

Volatile matter (VM) contents significantly decreased from 36.3% for RPM to only 4.1% and 4.0%
for B400 and B600. These changes are mainly due to the conversion of the RPM’s organic matter into
gaseous products during the pyrolysis process [39]. In contrast, ash contents increased from 51.4% for
RPM to 78.6% and 79.7% for B400 and B600, respectively. The high ash contents of the three materials
might be attributed to the physically incorporated soils and intrinsic inorganic elements, such as
phosphorus and potassium, that are present in the raw manure and derived biochars [1]. Furthermore,
the increase of the pyrolysis temperature leads to the dissociation of minerals from biomass [40]. As for
ash, the fixed carbon contents increased after RPM pyrolysis, resulting in a more stable phase [39,41].
Unexpectedly, the measured fixed carbon content at 600 ◦C was slightly higher than the one measured
at 400 ◦C (5.6%), which could be due to a combination of the samples’ heterogeneity and analyses’
uncertainties. Similar findings were reported by Enders et al. [42]. Finally, due to water evaporation
during the pyrolysis process, the measured RPM moisture decreased from 16.7% to about 0.8% for
both B400 and B600. Similar trends were also reported by Akdeniz and Novais et al. [2,37].

The FTIR spectra of raw manure feedstock and both biochars are given in Figure S3. For raw
poultry manure, the major band near 3853 cm−1 (H-bonded OH) was attributed to the stretching
vibration of hydrogen bonds of carboxylic acid and alcohols [30]. Peaks at 2992 cm−1 and 2865 cm−1

revealed asymmetric and symmetric (–CH) stretching bands of CH3 and CH2 groups, respectively
and are associated with the aliphatic functional groups existing in lipids [43]. The peak at 1650 cm−1

concerns the C=O stretching of CO2H and C=O of primary amides, which indicates the presence of
protein. A CH2 deformation peak registered at 1416 cm−1 is characteristic of saturated fatty acids and
cellulose [44]. The peak at 1233 cm−1 of C-O is associated with the stretching of carbohydrates. Finally,
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the small peak appearing between 871 and 1024 cm−1 in the raw feedstock was attributed to stretching
-CH and represents the aromatic structures’ out-of-plane bending vibrations [39].

The pyrolysis of RPM at 400 and 600 ◦C generated new transformational products. Compared to
RPM, the spectra of produced biochars reveal the presence of higher aromatic and lower carbohydrates’
structures. In this context, the intensity of the H-bonded OH peak significantly decreased with
the increase of the pyrolysis temperature. This is likely related to the dehydration process during
the pyrolysis operation and suggests that the carboxylic acid might be dissolved and hydrolyzed.
Furthermore, the aliphatic C-H stretching of CH3 and CH2 groups observed respectively at 2992 and
2865 cm−1 almost disappeared in the biochars’ spectra, which could be imputed to the hydrolysis
of aliphatic chain and dissolution. Similarly, the peak at 1650 cm−1, which is associated with
C=O stretching of primary amides, presents a clear intensity decrease with an increasing pyrolysis
temperature. This behavior is probably due to the decomposition of the C=O bonding that generally
enhances the formation of monoxide carbon and dioxide carbon [43], and causes a change in N
functional groups by pyrolysis [45,46]. The observed peak at 1416 cm−1, which is associated with CH2

deformation for both biochars, presents an intensity increase with temperature [39]. Also, the bonding
of C-O increased at 1233 cm−1, which is associated with the stretching of –COH in alcohols and –COR
in aliphatic ethers [44]. The peak between 871 and 1024 cm−1 in the raw poultry manure is associated
to aromatic –CH out-of-plane bending vibrations. This peak increased with the pyrolysis temperature,
indicating a gradual conversion of aromatic structures during this process [44]. The presence of the
various above-cited functional groups may play an important role in nutrient leaching from these
biochars and especially pollutant adsorption from wastewaters [45,46]. For instance, P ion adsorption
was confirmed by the apparition of a new P-O stretching vibration at 1050 cm−1 [47].

3.3. Phosphorus and Potassium Release

The release of P and K from RPM and biochars was assessed in the batch mode under the various
experimental conditions detailed in Section 2.4.

3.3.1. Effect of Contact Time—Kinetic Release Study

In order to assess the effect of contact time on the release efficiency of P and K from RPM, B400,
and B600, batch experiments were performed for an initial pH of 5.6 (without adjustment), a constant
dose of 10 g L−1, and contact times varying between 1 min and 48 h (see Section 2.4.1). Outcomes
indicated that P and K release from the three studied solid matrices was clearly a time-dependent
process (Figure 2a,b and Figure 6a,b).

The P release kinetics were fast at the beginning of the experiment (until 4 h) as shown in Figure 2b.
This is probably attributed to an ion exchange or desorption process and/or dissolution of some
poorly crystalline or amorphous phosphates [25]. At this time, the released amount was estimated
to 4.81 mg g−1, which represents 94% of the overall released quantity. Then, the released amount
continued to increase but at much slower rates until an equilibrium state was reached. This latter state,
which is characterized by an approximate released amount, was observed after approximately 17 h.
A similar trend was also observed for potassium release (Figure 3a,b). The observed stiff slope at the
beginning of the experiments indicates a quick and instantaneous release related to the abundance
of low-energy-retained P or K (P/K) elements on the surface of the solid matrices. At this step, the
release rate was relatively fast because P/K was essentially desorbed from the easily accessible sites to
water located at the exterior surfaces of RPM and the derived biochars. When the release of P/K from
the exterior surfaces reached its limits, P/K could be further released from the more inaccessible sites
located at the inner surfaces of the tested materials.
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Figure 2. Comparison between the experimental quantities and theoretical ones of phosphorus released
by raw poultry manure (RPM) and its derived biochars (EV: Experimental values; PFO: pseudo-first
order; PSO: pseudo-second order) for 48 h (a) and zoom for 5 h (b).

109



Water 2019, 11, 2271

0 10 20 30 40 50

Re
le

as
ed

 p
ot

as
si

um
 (m

g/
g)

Time (hours)

RPM_EV RPM_PFO RPM_PSO
B400_EV B400_PFO B400_PSO
B600_EV B600_PFO B600_PSO

0

10

20

30

40

50

60

0 1 2 3 4 5

Re
le

as
ed

 p
ot

as
si

um
 (m

g/
g)

Time (hours)

RPM_EV RPM_PFO RPM_PSO
B400_EV B400_PFO B400_PSO
B600_EV B600_PFO B600_PSO

Figure 3. Comparison between the experimental and theoretical quantities of potassium released by
raw poultry manure (RPM) and its derived biochars (EV: Experimental values; PFO: pseudo-first order;
PSO: pseudo-second order) for 48 h (a) and zoom for 5 h (b).

Even if the pyrolysis process had concentrated P in the biochars compared to RPM (Table 1),
at equilibrium, the released P amounts from RPM (5.14 mg g−1) were much higher than those
corresponding to B400 (3.77 mg g−1) and B600 (1.39 mg g−1). These amounts correspond to leachable P
percentages of 30.2%, 18.5%, and 3.2% for RPM, B400, and B600, respectively. These rates are likely
due to the fact that the pyrolysis process had converted a portion of RPM-containing phosphorus into
water non-extractable forms, such as crystalline metal phosphates, which generally dissolve much
more slowly and are less available [45,48]. In this context, Wang et al. [24] reported that RPM wastes
collected from local hen houses (USA) released an average phosphorus amount of 6.48 mg g−1. This
quantity decreased to about 1.04 mg g−1 for its derived biochar at a temperature of 600 ◦C. Similarly,
Peak et al. [48] also reported that the released amount of phosphorus from an RPM sample (collected
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from the region of Avila, Spain) was about 2.57 times higher than the one measured for its derived
biochar produced at 500 ◦C.

The required time to attain an equilibrium state for K was much longer compared to P since it took
about 48 h of contact time (Figure 3a). Furthermore, it appears that the pyrolysis process converted the
initial potassium in RPM into a more leachable and water-soluble form in biochars through dissociation
mechanisms [40]. As such, released K amounts were 25.6, 43.3, and 37.7 mg g−1 for RPM, B400, and
B600, respectively. Accordingly, Song and Guo [22] showed that the released potassium amount from
an RPM-derived biochar at a temperature of 600 ◦C (44.61 mg g−1) was 1.9 higher than that observed
for the raw biomass.

According to Tables 2 and 3, and Figures 2b and 3b, the confrontation of P/K release experimental
data to those determined by the pseudo-first-order (PFO) and pseudo-second-order (PSO) models
showed that the PFO model completely fails to reproduce the experimental values for the three tested
solid materials. In fact, the calculated P/K determination coefficients as well as the related average
percentage errors between the measured and the calculated values were not at all satisfactory. For
instance, the “determination coefficients” and the APE of P were two by two 0.786 and 23.7%, 0.822
and 23.4%, and 0.734 and 29.6% for RPM, B400, and B600, respectively.

Table 2. Kinetic parameters of phosphorus release by RPM and its two derived biochars at 400 and
600 ◦C.

Solid
Support

Pseudo-First-Order Model (PFO) Pseudo-Second-Order Model (PSO)

K1.PFO (h−1) R2
PFO APEPFO (%) K2.PSO (g mg −1 h−1) R2

PSO APEPSO (%)

RPM 3.238 0.786 23.714 2.318 0.867 14.467
B400 3.242 0.822 23.431 1.435 0.879 17.766
B600 1.688 0.734 29.566 4.602 0.836 19.860

Table 3. Kinetic parameters of potassium release by RPM and its two derived biochars at 400 and
600 ◦C.

Solid
Support

Pseudo-First-Order Model (PFO) Pseudo-Second-Order Model (PSO)

K1.PFO (h−1) R2
PFO APEPFO (%) K2.PSO (g mg−1 h−1) R2

PSO APEPSO (%)

RPM 3.618 0.474 27.130 1.087 0.743 17.837
B400 2.886 0.668 26.199 0.150 0.750 19.517
B600 0.039 0.422 56.748 0.109 0.995 1.737

On the contrary, the PSO model succeeded to sufficiently reproduce the experimental data since
the calculated determination coefficients (R2) for P or K were higher than that of the pseudo first
order. Moreover, the calculated APE between the experimental and theoretical released P or K values
were significantly lower than those calculated by the PFO model (Tables 2 and 3). For the three solid
materials and the PSO model, the maximum values of APE for P and K were estimated at 19.9%
(Table 2) and 19.5% (Table 3), respectively. However, the maximum values of this parameter were
29.6% and 56.7% for P and K, respectively. The highest non-accordance between the experimental and
theoretical data corresponds to the initial phases of the experiments where the nutrient release slopes
are maximal (Figures 2b and 3b). The fact that the experimental data were better fitted by the PSO
suggests that nutrient leaching from RPM and its derived biochars might be controlled by a chemical
process [26].

3.3.2. Effect of pH

The effect of initial aqueous pH on P and K release from the three materials was assessed under
the experimental conditions described in Section 2.4.2. The results are illustrated in Figure 4a,b.

P-released amounts from RPM were approximately constant, with an average value of 5.51 mg g−1.
However, for B400 and B600, P-released amounts increased with the increase of pH values. For instance,
the released amount from B600 increased by about 43.5% when the pH increased from 3 to 8. Globally,
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a similar variation trend was observed for K. The maximum released amount (41.33 mg g−1) was
observed for B400 at an initial aqueous leaching pH of 8. It is worth mentioning that high aqueous pH
values could lead to the precipitation of the released phosphorus and potassium and therefore affect
their availability to plants. For instance, depending on the aqueous pH value, phosphorus can exist as
tricalcium phosphate, hydroxyapatite, calcium, and iron phosphates compounds [31]. However, it is
very difficult for the precipitation of potassium as potassium hydroxide, which could be observed for
very high pH values, to occur under the tested experimental conditions. It is important to underline that
for high pH values, phosphorus could precipitate into calcium phosphate and magnesium phosphate,
which makes P assimilation by crops more difficult [34,49]. These results confirmed that for a wide
pH range, the biochars derived from RPM represent an important source of potassium that could be
assimilated by various crops after soil application.
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Figure 4. Effect of initial aqueous pH on the phosphorus (a) and potassium (b) release efficiency from
raw poultry manure and its biochars derived at temperatures of 400 and 600 ◦C (dosage = 10 g L−1,
T = 20 ± 2 ◦C). At each pH value, means with the same lowercase letters are not statistically different
at p < 0.05.

3.3.3. Effect of Dose

The effect of RPM, B400, and B600 doses on P and K release efficiency was determined according
to the experimental conditions given in Section 2.4.3 and are illustrated in Figure 5a,b.
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Figure 5. Effect of the used solid matrix doses on the release efficiency of phosphorus (a) and potassium
(b) (pH = 6.2, T = 20 ± 2 ◦C). At each dose, means with the same lowercase letters are not statistically
different at p < 0.05.

Released P or K concentrations increased significantly with the increase of the used dose. For
example, P/K released concentrations increased from 58.58/304.83 to 815.47/3680.1 mg L−1 for RPM,
from 74.45/47.88 to 393.6/5321.8 mg L−1 for B400, and from 33.18/464.7 to 119.13/5409.5 mg L−1 for B600
when the material dose increased from 2 to 15 g L−1, respectively. This is mainly due to the increase
of the available surface area of the solid matrices that could interact with the aqueous solutions [40].
Similar behavior was observed by Wang et al. [24] when studying the release of phosphorus from an
RPM-derived biochar at 600 ◦C. They found that increasing the biochar concentration from 5 to 10 and
then to 25 g L−1 resulted in an increase of the released P from 8.8 to 14.0 and 26.8 mg L−1, respectively.
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3.3.4. Successive Leaching Experiments—Nutrient Slow Release

The cumulative release of P and K from RPM, B400, and B600 for six successive leaching
experiments (duration of 48 h for each one) is shown in Figure 6a,b, respectively.
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It can be clearly seen that for all the studied solid matrices, P release significantly increased with
the operated number of leaching experiments. At the sixth assay, the maximal released amounts
attained were approximately 9.2, 10.4, and 8.2 mg g−1 for RPM, B400, and B600, respectively (Figure 6a),
which are 78.7%, 176.3%, and 489.5% higher than those observed in the first leaching experiment.
These released amounts correspond to 54.0%, 51.2%, and 19.0% of the initial contained P in RPM, B400,
and B600, respectively (Table 1). These percentages are very important compared to the ones given
in the scientific literature from continuous (not successive) leaching experiments. In fact, they were
assessed as only 5.5% [24] and 6.2% [22] for RPM-derived biochars collected from broiler farms in
Seaford (USA) at temperatures of 400 and 600 ◦C and contact times of 12 and 3 days, respectively.
Besides, Liang et al. [25] estimated the P release percentage to be about 10% for a biochar derived from
RPM collected from a Florida dairy farm at a temperature of 450 ◦C and a continuous contact time of
10 days.

Compared to the first leaching experiment, cumulated P amounts considerably increased at the
sixth successive leaching assay by 78.7%, 176.3%, and 489.5% for RPM, B400, and B600, respectively
(Figure 6a). Concerning the kinetic release, in contrast to RPM and the fourth leaching experiment,
B400 and B600 continued to release P with relatively high average release kinetic rates of 0.878 and
0.812 mg g−1 day−1. Even after the six successive leaching experiment (12 days), B400 and B600 were
still releasing P att rates of 0.062 and 0.407 mg g−1 day−1, respectively (Figure 6a).

Similar release trends were observed for potassium. For both B400 and B600 materials, released
K amounts significantly increased with the progress of the leaching experiment, attaining values
of 71.6 and 63.2 mg g−1, respectively, at the sixth leaching assay, corresponding to overall increase
percentages of 65.7% and 64.3%, respectively, compared to the first leaching experiment (Figure 6b).
These amounts represent 99.5% and 95.4% of the contained K in B400 and B600, respectively, confirming
its transformation to a more leachable form and its slow release. These percentages were important
when compared to continuous leaching assays where they were evaluated as only 45% to 49% for
RPM-derived biochars collected from broiler farms in Seaford (USA) at temperatures varying between
400 and 600 ◦C, and a continuous contact time of 3 days [22].

Moreover, compared to RPM, until four successive leaching experiments, relatively high kinetic
release rates of 4.071 and 3.531 mg g−1 day−1 were recorded for B400 and B600, respectively
(Figure 6b). Even in the last leaching experiment, B400 and B600 were still releasing K at 0.968
and 0.587 mg g−1 day−1, respectively (Figure 6b).

These outcomes indicate that the two RPM-derived biochars could be considered as slow-release
fertilizers, where P and K could be available for several seasons in real conditions [50]. Unlike
commercial fertilizers, where nutrient dissolution is very fast—even instantaneous for some
products [51]—the use of RPM biochars as amendments for agricultural soils constitutes an important
asset for both optimal plant growth and groundwater pollution reduction [52]. As crops also need
nitrogen and other micronutrients, combining biochar application with chemical fertilizers or fresh
composts has the benefits of simultaneously improving soil physical properties, nutrient retention, and
plant yield [53].

4. Conclusions

This research work demonstrated that raw poultry manure pyrolysis significantly affects its
physico-chemical characteristics, especially the chemical composition, pH of zero-point charge, and
surface properties, including the specific surface area and functional groups. Altogether, these
characteristics play an important role on the nutrient release efficiency. Nevertheless, the chemical
state of these nutrients in these solid matrices, which is very dependent on the used pyrolysis
temperature, might be the most important factor influencing this process. The pyrolysis process favors
P conversion into a more stable phase through its probable complexation with magnesium and/or
calcium and therefore reduces its release rate in the aqueous phase. In contrast, RPM pyrolysis converts
potassium into a more leachable form. On the other hand, compared to RPM, RPM-derived biochars
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could be considered as an attractive soil conditioner with very slow nutrient release capacities. This
promising property will result in a more efficient nutrient uptake by crops and limited leaching to both
groundwater and surface runoff. Further investigation is currently being carried out to monitor the
impact of biochar doses in agricultural soils under dynamic conditions on nutrient leaching ability and
assimilation by selected plants.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/11/11/2271/s1,
Figure S1: SEM images of surface surfaces morphologies of RPM (a), B400 (b) and B600 (c), Figure S2: XRD
images of crystalline phases of RPM, B400 and B600 (OM: organic matter; Q: quartz; C: calcite; S: sylvite and W:
whitlockite), Figure S3: FTIR Spectra of RPM and its two derived biochars at temperatures of 400 and 600 ◦C.
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Abstract: Sludge from municipal wastewater treatment systems can be used as a source of mixed
microbial cultures for the production of polyhydroxyalkanoates (PHA). Stored intracellularly, the PHA
is accumulated by some species of bacteria as energy stockpile and can be extracted from the cells
by reflux extraction. Dimethyl carbonate was tested as a solvent for the PHA extraction at different
extraction times and biomass to solvent ratios, and 1-butanol was tested for purifying the obtained
PHA at different purification times and PHA to solvent ratios. Overall, only a very small difference
was observed in the different extraction scenarios. An average extraction amount of 30.7 ± 1.6 g of
PHA per 100 g of biomass was achieved. After purification with 1-butanol, a visual difference was
observed in the PHA between the tested scenarios, although the actual purity of the resulting samples
did not present a significant difference. The overall purity increased from 91.2 ± 0.1% to 98.0 ± 0.1%.

Keywords: polyhydroxyalkanoates; PHA; PHBV; mixed microbial culture; green extraction; dimethyl
carbonate; purification; 1-butanol; wastewater valorization

1. Introduction

The constant search for environmentally-friendly alternatives for fossil-based materials has been
backed up lately by an increase of research in the field of bioplastics such as polyhydroxyalkanoates
(PHAs). PHAs are biodegradable polymers synthesized by a variety of bacteria in intracellular granules
that serve as energy storage [1,2]. Industrial PHA production has been made feasible by using selected
strains of pure microbial cultures to ferment refined substrates [3]. However, a much more sustainable,
and perhaps cheaper, option can be found in the use of industrial residue streams as a source of
bacterial feed [4–6]. VFAs are organic acids with an aliphatic chain of less than five carbons which
can be present in or derived from a large variety of residue streams. VFAs have been shown to be
an interesting and very feasible feedstock in the PHA production process by both pure and mixed
microbial cultures [7].

Applying a mixed microbial culture (MMC) in the process could furthermore reduce the costs
of PHA production, because sterilization of the substrate and reactors is not needed. It has been
observed that activated sludge of municipal wastewater treatment plants can be used as a source of
MMC with a good PHA-accumulating potential [8,9]. Certain fermentation strategies can be used to
explore this accumulating potential and generate a PHA-rich biomass [10–12]. A very useful method
is a dynamic fed-batch fermentation with alternating repeated periods of feast and famine, which

Water 2020, 12, 1185; doi:10.3390/w12041185 www.mdpi.com/journal/water119



Water 2020, 12, 1185

can also be combined with an aerobic or anaerobic environment [13–15]. Through application of a
pulsed VFA-feeding regime, it is possible to reduce the effects of too extreme pH variations caused by
the addition of VFAs to the medium, as well as to favor the maintenance of the PHA-accumulating
bacterial population over other non-accumulating species during the famine periods. This method
also stimulates the PHA-accumulating bacteria to stockpile the biopolymer intracellularly throughout
multiple feast and famine cycles, which highlights this feed-on-demand process amongst other
approaches even on an industrial scale [8].

When studying the use of different feedstocks for PHA production, it is also important to
understand the relationship between the feed composition and the monomeric proportions of the
resulting polymer. When VFAs are the bacterial feed, acetic and propionic acid are the main precursors
in a mechanism for the production of the monomers 3-hydroxybutyrate (3HB) and 3-hydroxyvalerate
(3HV) in PHA [16–19]. Acetic acid can be converted into 3HB via acetyl-CoA, while acetic acid together
with the odd numbered propionic acid are used to form 3HV via the conversion to acetyl-CoA and
propionyl-CoA [17,20]. The combined production of 3HB and 3HV as monomers leads to the synthesis
of copolymer poly(3-hydroxybutyrate-co-3-hydroxyvalerate) (PHBV) (Figure 1).

Figure 1. Representation of molecular structure of poly (3-hydroxybutyrate-co-3-hydroxyvalerate)
(PHBV) (Drawn on ACD/ChemSketch Freeware, version 2019.2.1, Advanced Chemistry Development,
Inc., Toronto, ON, Canada, www.acdlabs.com, 2020).

Extraction is the next step in the production process of PHA, which is done by solubilizing the
intracellular PHA followed by separation of the extracted residual biomass and isolation of PHA
from the solvent. Reflux and Soxhlet extractions, with and without biomass pretreatments, have been
described in literature for many different solvents [21–24]. Non-halogenated solvents have been the
focus of many researches for their reduced toxicity, although the chlorinated ones, such as chloroform
and dichloromethane, are still considered reference solvents because of their high efficiency [22,25,26].
The non-halogenated solvent dimethyl carbonate performs much better than a range of solvents
such as diethyl carbonate, propylene carbonate and ethyl acetate and it achieved satisfactory yields
of PHA recovery when compared to dichloromethane [27,28]. Furthermore, dimethyl carbonate
(DMC) is considered to be a green solvent for its low toxicity [29] when compared to chloroform and
dichloromethane [30]. Therefore, DMC was chosen as the solvent for PHA extraction in the present
work. 1-Butanol has also been shown to be efficient as a solvent for PHA extraction [9], with the
advantage of leading to a simple separation process through gelation of the polymer when cooling
down the mixture [31]. Due to this easiness in separating the solvent from the solid PHA, 1-butanol
was chosen as a purification agent in this study.

Total PHA content in biomass and purity evaluation of the obtained polymer can both be done
with various simple analytical techniques. Thermal gravimetric analysis (TGA) [32] can be applied for
a quick overview of these parameters when focusing on the degradation temperature of the produced
PHA. Gas chromatography combined with mass spectrometry (GC-MS) is a more accurate technique
that allows the investigation of the monomer concentration, composition and purity of the product [33].
Some studies made a parallel in between these techniques, showing that, even though different PHA
content values were obtained by each method, there is a direct correlation between them [34]. For the
GC-MS analysis, a pre-treatment step has to be added for the PHA to be able to be analyzed.
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In the present work, the aim was to optimize a green extraction and purification of PHA from
a mixed microbial culture, using dimethyl carbonate and 1-butanol, respectively. The biomass to
solvent ratio or PHA to solvent ratio and the extraction or purification time were the parameters to
be optimized.

2. Material and Methods

2.1. Fermentation Process for PHA Production

The fermentation process was adapted from the work of Valentino (2015) and the patent of
Werker (2013) [8,12]. The accumulation of PHA was done in two identical 2.5 L bioreactors (Infors™
MINI-2.5-BACT, Bottmingen, Switzerland) set at 25 ◦C and 200 rpm and aerated with 1.5 L min−1 of
air. Thickened secondary sludge from the wastewater treatment plant of water board Brabantse Delta
in Bath, the Netherlands, was used as a source of PHA-accumulating bacteria. A synthetic feed was
made with a solution of acetic and propionic acid in a molar proportion of 3:1, respectively, and a
total chemical oxygen demand (COD) of 20 g L−1. This feed composition guarantees that the PHA
produced is the co-polymer PHBV in an expected monomer distribution of 50% of each [17]. To start
the process, 500 mL of sludge with volatile suspended solids (VSS) concentration of about 8 g L−1 was
mixed with 500 mL of tap water in the reactor. The mixture was then left for 2 h without any feed
under the fermentation conditions in order to stabilize the biomass. A single feed pulse of 10 mL was
then given, followed by the first starvation period of 1 hour. By the end of this period, the dissolved
oxygen (DO) level was then considered to be the maximum achieved. The feed-on-demand was then
automatically controlled by a DO value corresponding to 80% of the maximum as the set point as the
condition for the next pulse feed. The feed pulses corresponded to a volume of 10 mL given over 1 min
every time the mentioned condition was met. The whole process was set to a total of 22 h. The process
was automatically stopped by dosing hydrochloric acid until a pH of at least 2 was reached in order to
cease the bacterial metabolism. At that point, stirring and air inlet were shut down.

2.2. Homogenization of Biomass

The mixture inside the bioreactors was left for a few minutes to settle and the PHA-rich biomass
was centrifuged (5810 series, Eppendorf™, Nijmegen, The Netherlands) and washed twice with tap
water. The biomass was then freeze-dried (CHRIST Alpha 1-4 LD Plus) overnight. The dried biomass
resulted from 20 runs (10 in each bioreactor) was mixed and made homogeneous using a mortar
and pestle.

2.3. Extraction Process

The PHA was extracted from the biomass via reflux by adding 25 mL of dimethyl carbonate
(DMC) as a solvent to different amounts of biomass in a round-bottom flask connected to a cooling
column. Different biomass to solvent ratios, 0.01 g mL−1, 0.025 g mL−1, 0.05 g mL−1, and 0.1 g mL−1,
were tested in duplicate by adjusting the amount of biomass. These biomass to solvent ratios will
be further referred as 1%, 2.5%, 5%, and 10%, respectively. The round-bottom flask was immersed
in a pan filled with glycerin, previously heated up to the boiling point of the solvent (90 ◦C for the
DMC). Different times of extraction were tested (0.5 h, 1 h, 1.5 h, and 2 h). After the extraction, the
pan was removed to allow the flask to naturally cool down to room temperature. A vacuum filtration
with Whatman™ paper filters was then used to separate the biomass from the solution. A rotary
evaporator (Hei-VAP Value, HeidolphTM, Schwabach, Germany) was used to recover the solvent and
to separate the PHA in the form of a film attached to the wall of the flask. The obtained PHA was left
to dry overnight and then weighed. The experimental data obtained under the different extraction
conditions was compared using first an F-test for variances and then the adequate t-test for the p values.
Chloroform and dichloromethane were used as reference extraction solvents [26–28], for which a
biomass to solvent ratio of 1% and an extraction time of 1 h were used.
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2.4. Purification Process

The extracted PHA was purified with 1-butanol (≥99%, Sigma-Aldrich™, Zwijndrecht,
The Netherlands) via reflux. 20 mL of the solvent was added to different amounts of the polymer
in a round-bottom flask which was connected to a cooling column. The different PHA to solvent
ratios tested in duplicate were 0.01 g mL−1, 0.02 g mL−1, and 0.04 g mL−1 (1, 2 and 4%). The flask
was immersed in a pan with glycerin and heated up to the boiling point of 1-butanol (117.7 ◦C).
The purification times tested were 0.5 h, 1 h, and 2 h. The round-bottom flask was then taken from
the pan, closed with a cap and allowed to cool down at room temperature overnight. The solvent
was then separated from the jelly-like polymer by physically pressing it out [31] with a piece of cloth.
The PHA was allowed to dry at room temperature overnight. The 1-butanol was separated from
the solubilized contaminants and recycled with a rotary evaporator (Hei-VAP Value, HeidolphTM,
Schwabach, Germany). The experimental data obtained under the different purification conditions
was compared using first an F-test for variances and then the adequate t-test for the p values.

2.5. Analytical Methods

2.5.1. Thermal Gravimetric Analysis (TGA)

Samples of produced biomass were analyzed in duplicate for PHA content and every sample of
extracted and purified PHA was analyzed for purity with TGA (TGA 500Q, TA instruments, Etten-Leur,
The Netherlands). Because of the feed composition, all PHA produced was considered to be the
co-polymer PHBV. A mass of around 10 mg was placed into platinum pans and a ramp mode of 5 ◦C
per minute until 600 ◦C was set under nitrogen atmosphere, with flow rates of 40 mL min-1 on the
balance, 60 mL min−1 on the sample (adapted from Hahn and Chang, 1995) [34]. The mass of PHA in
each sample was determined as the mass loss in the temperature range between 250 ◦C and 270 ◦C.
A commercial sample of PHBV was used to establish this range.

2.5.2. Gas Chromatography/Mass Spectrometry (GC-MS)

Sample Preparation

Following the procedure in Lo et al. (2009) [33], an acidic methanolysis reaction was used to
hydrolyze the polymeric chain and to convert the monomers into their methylated ester form. A PHA
sample of each experiment was weighed for a mass between 2 and 5 mg and brought into a 5 mL
reaction vial. 1 mL of chloroform (99%, Sigma-Aldrich™, Zwijndrecht, The Netherlands), 0.95 mL
of methanol (Technical grade, BOOM™, Meppel, The Netherlands) and 0.05 mL of sulfuric acid
(95%–98%, Sigma-Aldrich™, Zwijndrecht, The Netherlands) were added into the reaction vial which
was closed tightly and shaken. The reaction vial was placed into a heating block (Techne Dri-block™,
Staffordshire, England, UK) at 100 ◦C for 6 h and shaken every 1 h. The vial was then left to cool down
to room temperature. The solution was transferred from the vial to a centrifuge tube and 1 mL of 1 M
NaCl (Extra pure, BOOM™, Meppel, The Netherlands) solution was added. The tube was shaken
and centrifuged (5810 series, Eppendorf™, Nijmegen, The Netherlands) for 3 minutes at 4000 rpm.
The aqueous layer was discarded and another 1 mL of the NaCl solution was added. The tube was
shaken and centrifuged again. The organic phase was then taken from the tube with a needle attached
to a 1 mL syringe. The solution volume was measured with the syringe graduation, filtered (0.45 μm ×
13 mm PTFE filter) and transferred to a vial.

GC-MS Settings

A calibration curve was made using standards of methyl-(R)-3-hydroxybutyrate and
methyl-(R)-3-hydroxyvalerate (>98%, Sigma-Aldrich™, Zwijndrecht, The Netherlands) using
chloroform as a solvent to achieve different dilutions. The GC-MS used was a 7820A GC System/5977E
MSD Agilent Technologies™ with a HP-5MS capillary GC column (30 m × 0.25 mm, 0.25 μm), flow of
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2 mL min-1 helium, sample injection of 1 μL, temperature of 250 ◦C at the injector and detector with a
heating rate of 10 ◦C min−1. The software NIST MS Search Program was used to identify the samples
components through their mass spectrum.

3. Results and Discussion

3.1. PHA Accumulation

Although there were slight variations throughout the runs, the fermentation process was consistent,
with an initial volatile suspended solids concentration of about 4 g L−1. A range of 23 to 25 pulse feeds
were given during each of the 20 runs. Each fermentation run resulted in around 5.5 g of dry biomass.
It was observed that the biomass easily settled to the bottom of the vessel.

The TGA analysis of the dry biomass revealed a content of around 40% of PHA in mass, represented
by a degradation peak at the temperature range of 265 to 277 ◦C, which was proved to be the right
degradation temperature by comparing the analysis with a commercial sample of PHBV. Hahn and
Chang (1995) [34] discovered a correlation between the PHA content measured through TGA and the
PHA content measure through GC analysis, where the result from GC analysis are considered to be
more accurate. This correlation is expressed as a linear model:

y = 1.16x− 15.27 (1)

where x is the PHA content by TGA and y the real content. Using this correlation, the total PHA content
is around 32%. This result is slightly lower, but still close, to the ones mentioned in the PHARIO
report [9], for which the same MMC source was used and the PHA accumulation resulted in values
around 39 g of PHA per 100 g of VSS. A difference, however, that might explain the higher production
result in that work is the nitrogen and phosphorous supplement in the feed composition and the extra
feeds during acclimation process of the biomass.

3.2. Extraction

The results of PHA extraction in all studied conditions were around 31 g of PHA per 100 g of
biomass, with slightly higher extraction values at lower biomass to solvent ratios and longer extraction
times (Table 1). This result indicates a very high polymer recovery, which contrasts with what is
discussed in Samorì (2015) [27], where only about half of all the PHA inside the MMC biomass could be
extracted with dimethyl carbonate without any cell pretreatment. It is important to mention, however,
that the MMC used in that work for PHA accumulation has a different source and it was submitted to
an extensive process of bacterial selection over time, which might affect the general composition of the
biomass and, perhaps, the efficiency of the DMC as a solvent for PHA extraction.

Table 1. Extraction results of PHA with dimethyl carbonate. Freeze dried biomass after
polyhydroxyalkanoates (PHA) accumulation was extracted in 25 mL dimethyl carbonate at its boiling
point at different biomass to solvent ratios for different extraction times. The biomass to solvent ratio is
expressed as a percentage of grams of biomass per 100 ml of solvent. Values represent averages ± standard
deviation of duplicates in g of PHA per 100 g of biomass.

Biomass to Solvent Ratio (%) 0.25 h 0.5 h 1 h 1.5 h 2 h

1% 31.4 ± 1.0abc 32.2 ± 0.1b 31.7 ± 0.2bd 32.9 ± 0.2b

2.5% 30.6 ± 0.4cd 30.4 ± 0.3cd 31.5 ± 0.1ad 32.3 ± 0.4bd

5% 30.5 ± 0.1c 30.0 ± 1.0abc 30.8 ± 0.7abc 30.4 ± 1.3abc

10% 29.3 ± 1.1abc 27.8 ± 0.4a 28.2 ± 0.5ac

abcd Average values not sharing a common superscript were significantly different (p < 0.05).
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The scenarios with a 10% biomass to solvent ratio presented some practical issues because of the
relatively high amount of biomass that settled in the bottom part of the extraction flask in direct contact
with the heating source and with low or no contact to the solvent.

The PHA extraction process with DMC was compared with chloroform [23] and dichloromethane [28]
as the reference solvents (Table 2).

Table 2. Comparative extraction results for the different solvents. The reflux extraction of PHA with
dimethyl carbonate at 1% biomass to solvent ratio for 1 h was compared with the reflux extraction with
chloroform and with dichloromethane at the same solvent ratio and time. Values represent averages ±
standard deviation of duplicates of g of PHA per 100 g of biomass.

Solvent g PHA/100 g Biomass

Dimethyl carbonate 31.7 ± 0.2
Chloroform 37.5 ± 0.2

Dichloromethane 39.0 ± 0.2

Although the amount of extracted PHA seems higher with chloroform or dichloromethane
compared with dimethyl carbonate as a solvent, when manually stretched, the polymer films produced
with chloroform and dichloromethane were both very brittle and not much elastic. They would
immediately break apart when pulled. The brittleness was caused by a higher percentage of impurities
in the PHA extracted with chloroform and dichloromethane, as it is further discussed in the results
obtained with TGA. The PHA plastic films produced in the process with dimethyl carbonate, on the
other hand, had a much higher plastic deformation capability, similar to a common strong plastic bag.
However, regardless of the solvent used, the resulting solid PHA had a green/brown color after the
solvent recovery in all the produced samples (Figure 2).

 
Figure 2. A sample of PHA film produced directly after the solvent recovery. The dark green color was
common to all of the samples produced.

A TGA of PHA samples obtained directly by extraction with dimethyl carbonate reveals a purity
of 91.2 ± 0.1% versus a purity of 82.5 ± 3.3% for the extraction with chloroform and of 86.4% ± 3.7%
with dichloromethane. These results could explain the higher yields obtained for the extraction process
with chloroform and dichloromethane meaning that these reference solvents are solubilizing not only
the PHA, but also higher amounts of other compounds present in the biomass, which results in lower
overall purity in these samples.

3.3. Purification

Purification of the extracted PHA with 1-butanol revealed that the whitest product was obtained
with a PHA to solvent ratio of 1% and after 0.5 h of purification time (Figure 3).

124



Water 2020, 12, 1185

 
Figure 3. Comparison between the purified PHA at different experimental points.

It was expected that a lower PHA to solvent ratio led to PHA with less impurities. However, a
longer purification time led to a darker-colored product, although not much difference was registered
in the actual purity of the samples (Table 3).

Table 3. Purity results by TGA of the samples submitted to the purification process by 1-butanol.
The PHA to solvent ratio is written as in grams of PHA per 100 ml of solvent Values represent averages
± standard deviation of triplicates of percentage of purity of purified PHA.

PHA to Solvent Ratio (%) 0.5 h 1 h 2 h

1% 98.3 ± 0.1acd 98.5 ± 0.1a 98.2 ± 0.2acd

2% 98.4 ± 0.1bc 98.9 ± 0.1ac 97.9 ± 0.4acd

4% 98.3 ± 0.3acd 98.2 ± 0.1bd 98.4 ± 0.3acd

abcd Average values not sharing a common superscript were significantly different (p < 0.05).

The evaluation of PHA by TGA revealed an increase in purity from 91.2 ± 0.1% to 98.0 ± 0.1% after
purification with 1-butanol (Figure 4). The peak degradation temperature of the PHA was identified to
be 253.4 ± 7.3 ◦C which is comparable to literature about different monomer compositions of the PHBV
copolymer [35–37].
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Figure 4. Thermal gravimetric analysis (TGA) of extracted PHA before (A) and after (B) purification
with 1-butanol.

3.4. Analysis by Gas Chromatography-Mass Spectrometry (GC-MS)

Samples of the extracted PHA before and after purification were analyzed with GC-MS for its
monomeric composition and identification of impurities (Figure 5). Besides 3-hydroxybutyrate and
3-hydroxyvalerate, the monomer 3-hydroxy-2-methylvalerate was also present in minor quantities
in the samples. This monomer has been reported already as a common component of polymers
synthesized by enriched cultures of glycogen-accumulating organisms (GAO) [35,38,39].

The GC-MS analysis revealed a monomer composition of 35.6 ± 2.5% 3-hydroxybutyrate and
64.4 ± 2.5% 3-hydroxyvalerate. Given the feed composition, a monomer distribution of the produced
PHA of 50% 3-hydroxybutyrate and 50% 3-hydroxyvalerate was expected [17]. However, less energy
is needed to metabolize propionic acid than acetic acid [40], which explains the higher percentage of
3-hydroxyvalerate in the PHA.

The non-purified PHA (Figure 5A) contained a bigger variety of impurities than the purified PHA
(Figure 5B). Not much can be said about the absolute concentration of impurities before and after
the purification process, as no calibration curves were made for the non-PHA related compounds.
However, a reduction of 71.4%, 71.6%, and 63.7% in the areas of the impurities III, IV and V, respectively,
was calculated, indicating a significant reduction in the overall concentration of such impurities.

Although the quantity of impurities was reduced after the 1-butanol treatments, hexadecanoic
acid, octadecanoic acid and dehydroabietic acid were still found in all purified samples. Hexadecanoic
and octadecanoic acids have been reported as storage compounds produced by mixed bacterial
cultures [41]. The source of the dehydroabietic acid is unknown.
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Figure 5. Chromatograms of PHA before (A) and after (B) purification. The identified compounds are:
I—3-hydroxybutyric acid; II—3-hydroxyvaleric acid; III—Hexadecanoic acid; IV—Octadecanoic acid;
V—Dehydroabietic acid.

3.5. Applicability

In this work, a mixed microbial culture was used for a PHA accumulation procedure followed
by an extraction and purification with different solvents for obtaining a high purity final product.
However, the extraction and purification are a two-step process that can be very costly when it comes
to an industrial setting. For certain PHA applications where high purity is not a major factor, a single
extraction with DMC could be enough for the commercial feasibility of the process. For applications
where high purity PHA is required, the purification step can be added, although higher costs should
be expected.

4. Conclusions

The extraction of PHA from mixed microbial cultures can be successfully done with dimethyl
carbonate via reflux extraction. Overall, a very small variance of PHA yield was observed for different
extraction times or biomass to solvent ratios. A ratio of 0.05 g ml−1 is considered to be ideal, as the use
of higher amounts of biomass lead to practical difficulties. Although higher extraction yields can be
obtained with chloroform or dichloromethane as solvents, that also leads to a decrease in the purity of
PHA and a less sustainable extraction.

A purification of the extracted PHA with 1-butanol resulted in an increase in purity from 91.2 ± 0.1%
to 98.0 ± 0.1%. Although the total purity is approximately the same for different purification times and
PHA to solvent ratios, a 0.01 g mL−1 ratio for 0.5 h of purification time led to a whiter PHA.

Dimethyl carbonate is a great alternative to conventional hazardous solvents in the extraction
process of PHA and 1-butanol can be used to increase the purity of PHA if necessary, leading to a
more commercially attractive product, although this could lead to higher production costs. In terms
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of a circular economy, the whole process opens new environmentally friendly possibilities for the
bioplastic industry.
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Abstract: Current regulations and legislation require critical revision to determine safety for alternative
water sources and water reuse as part of the solution to global water crisis. In order to fulfill those
demands, Lisbon municipality decided to start water reuse as part of a sustainable hydric resources
management, and there was a need to confirm safety and safeguard for public health for its use in
this context. For this purpose, a study was designed that included a total of 88 samples collected
from drinking, superficial, underground water, and wastewater at three different treatment stages.
Quantitative Polimerase Chain Reaction (PCR) detection (qPCR) of enteric viruses Norovirus (NoV)
genogroups I (GI) and II (GII) and Hepatitis A (HepA) was performed, and also FIB (E. coli, enterococci
and fecal coliforms) concentrations were assessed. HepA virus was only detected in one untreated
influent sample, whereas NoV GI/ NoV GI were detected in untreated wastewater (100/100%),
secondary treated effluent (47/73%), and tertiary treated effluent (33/20%). Our study proposes
that NoV GI and GII should be further studied to provide the support that they may be suitable
indicators for water quality monitoring targeting wastewater treatment efficiency, regardless of the
level of treatment.

Keywords: norovirus; water reuse; water quality

1. Introduction

Monitoring every pathogenic microorganism potentially present in water, namely viruses, bacteria,
protozoa, or fungi, is unrealistic given the number of resources necessary for that purpose. As an
alternative, microbiological water quality assessment has been focused essentially on detecting fecal
indicator bacteria (FIB), namely Escherichia coli (E. coli) and Enterococcus spp. [1–6]. FIB are used as
surrogates for enteric pathogens in particular for monitoring fecal contamination in environmental
waters, relying on the principle that FIB existence is concomitant with pathogen presence, as
demonstrated in several studies [7,8]. However, there are also numerous studies showing that
pathogens do not correlate significantly with FIB [9–18]. Since FIB, like E. coli and Enterococcus spp.
are shed in most animal feces [4,19,20], the lack of suitability between FIB levels and human health
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outcomes may be related to the FIB source. Amplifying the disconnection between FIB and pathogens is
the ability for FIB not only to persist but to grow in environmental habitats like terrestrial soils, aquatic
sediments, and aquatic vegetation [16,21–26]. Further studies are thus essential to assess the suitability
of FIB as sole indicators not only in environmental waters but in an area that has been gaining more
importance worldwide: treated wastewater use, as demand for water reuse, is increasing worldwide -
whether by necessity in developing countries or by environmental objectives in developed countries.

An efficient and sustainable hydric resources management allows non-potable uses for treated
wastewater, such as irrigation, industrial processes, firefighting, recreational, or municipal services.
Besides the existence of heavy metals, chemicals, hormones and endocrine disruptors in wastewater, it
is still necessary to deal with the expected presence of resistant pathogenic microorganisms, many of
which are not tested or included in current standards or legislation for water quality assessment. These
microorganisms include viruses, bacteria, protozoa, and helminths, responsible for a significant number
of potentially dangerous pathologies. There are some reports showing that wastewater treatment
processes do not completely remove enteric viruses [27–29], even from effluents with adequate chlorine
concentrations or UV treatment [30]. With an increase in reclaimed water use, the potential health
impacts resultant from microbial contamination need to be further explored, as outbreaks of viral
infectious diseases have been linked to insufficient treatment [31–33]. Several viruses, including
Norovirus (NoV) and Hepatitis A (HepA), are listed in United States Environmental Protection Agency
(USEPA’s) drinking water Contaminant Candidate List (4-CCL 4), heightening waterborne viruses
as a research priority [34]. According to a recent review by Teixeira et al. ([35], in press), numerous
studies have focused on detecting enteric viruses in water samples, including treated and untreated
wastewater, as well as environmental waters. Data on NoV and HepA viruses’ concentrations, however,
particularly in tertiary-treated wastewater, are scarce ([35], in press). Therefore, further studies are
necessary to evaluate the adequate indicators for water reuse quality evaluation and support their
application for regulatory purposes.

Globally, NoV is responsible for nearly 20% of all acute gastroenteritis cases [36], with
677 million cases per year and over 213,000 deaths [37]. In risk groups comprising children,
elderly, or immunocompromised individuals, morbidity, and mortality rates of NoV infection are
significant [38–42]. NoV exposure, and possible outbreaks, have been reported in schools, hospitals,
cruise ships, nursing homes, swimming pools, and restaurants [43–47]. Transmission of the virus
primarily occurs via fecal-oral contamination route, direct contact with an infected individual, and
contaminated water or food consumption [47–51]. Contact with the virus may occur through
drinking [52], recreational [44], or irrigation water [53], leading to waterborne outbreaks [54–56].
The vast contaminated aqueous sources linked to NoV indicate a ubiquitous distribution of the
virus [57]. HepA virus transmission occurs mainly by the oral-fecal route (about 95%), and ingestion
of contaminated water and food [58–62]. HepA virus has been detected in drinking water, surface
water, groundwater, treated, and untreated wastewater [63–67]. With global distribution, HepA is a
major causal agent of acute viral hepatitis, with approximately 1.4 million cases reported annually
globally [60,68], and a high endemicity of hepatitis A in regions with low sanitation [60,69,70].

Taking benefit from an existing standardized method for detecting NoV and HepA viruses in
food and bottled water using real-time quantitative PCR detection (RT-qPCR) (ISO/TS, 15216-1:2017),
the aim of our study was to develop a method based on this standardized method and assess the
suitability of these enteric viruses as water quality indicators for water use and reuse. Moreover, the
method developed aimed to be suitable for several water matrices—drinking, underground, superficial,
treated, and untreated wastewater, thus enabling its use in routine water quality testing for detecting
and quantifying NoV GI/GII and HepA viruses, and allowing managing entities to evaluate more
accurately potential public health risks.
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2. Materials and Methods

2.1. Sampling

Fieldwork was carried out from February 2018 to December 2018, with a total of 88 samples
collected. Sampling included: 1) underground water samples collected at two different sites in Lisbon
(n = 19); 2) superficial water intended for drinking water production (n = 10); 3) drinking water
from Lisbon´s supply system (n = 11); 4) wastewater collected at a Wastewater Treatment Plant in
the Lisbon district, at three different stages – untreated influent (n = 15), effluent with secondary
treatment (n = 15) and effluent with tertiary, sand filtration and UV treatment (n = 15). Additionally,
blank assays were performed with distilled, sterilized water samples (n = 3). All samples were
collected in sterile polyethylene containers and stored at 4 ◦C for less than 2 h until chemical and
microbiological determinations were initiated. 0.5 mL of a 10% dechlorination agent Na2S2O3 was
added to containers before sampling in order to neutralize possible existing residual chlorine from
drinking water samples. Water samples for enteric viruses’ determinations were collected in sterile
glass containers. Enteric viruses were determined in different volumes according to the water source
(25–5000 mL). Microbiological indicators were determined in 100 mL, and chemical indicators were
determined according to standard procedures, from a total of 1000 mL [71]. The time lapse between
sample collection and laboratory processing did not exceed 24 h.

2.2. Detection and Quantification of Enteric Viruses

The procedure established in this study was based on the international standard method for the
determination of viruses in foods ISO/TS 15216-1:2017 [72]. Initially, 10 μL of Mengo virus strain
vMC0 (ceeramTOOLS®, Biomérieux, France) were added to each sample, to be used as an internal
process control to assure the RNA extraction efficiency. Samples with extraction efficiency, ≥1% were
considered valid, as established in Norm ISO/TS 15216-1:2017 [72]. Viral particles were captured
through filtration with a 0.45 μm pore size (47 mm diameter) positively charged nylon membrane
(Amersham Hybond N+, GE Healthcare Life Sciences, UK), from 25 mL (untreated wastewater),
1000 mL (blank assay, secondary, tertiary treated wastewater and superficial water) and 5000 mL
(drinking and underground water) samples. It should be noted that there are existing alternative
protocols for virus collection [73], which stipulate significantly high volumes for filtration and virus
collection in surface and groundwater—300 L and 1500 L, respectively. For practical reasons, namely
to avoid filter clogging and the possible inexistence of such water volumes in some groundwater
sources, and more importantly, aiming to establishing a reasonably achievable method for detecting
and quantification enteric viruses in diverse water samples for laboratories that perform the routine
water monitoring, in this study different volumes were tested and filtered according to the sample
matrix. Filters were then transferred into a sterile tube, and 4 mL of tris/glycine/beef extract (TGBE)
buffer were added and shaken at approximately 50 oscillations min−1 for 20 ± 5 min. An additional
4 mL of TGBE buffer was added, and the eluates pooled into a single clean tube. The pH was adjusted
to 7.0 ± 0.5 with HCl (≥5 mol/L). Subsequently, samples were concentrated using Amicon® Ultra-15
Centrifugal Filter Devices with a 100 kDa molecular weight cut-off (Merck Millipore, Darmstadt,
Germany), through centrifugation 4000 g, at 4 ◦C, for 15 min. For RNA isolation, 500 μL TRIzol®

reagent (Thermo Fisher Scientific, Waltham, MA, USA) was added to the samples and mixed for 5 min,
30 ◦C at 350 rpm in a thermomixer (Eppendorf, Germany). Afterward, 200 μL of chloroform were
added and samples were mixed in a thermomixer (Eppendorf, Germany) for 3 min, 30 ◦C at 350 rpm.
Centrifugation was then performed for 15 min, at 4 ◦C and 12,000 g. RNA was extracted from 140 μL
final volume (approx.) of the concentrated sample (aqueous phase) using a QIAamp Viral RNA Mini
kit (QIAGEN, Hilden, Germany), according to the manufacturer’s instructions. Samples were stored at
−80 ◦C until analysis. Quantitative Real-Time PCR (RT-qPCR) was performed (Applied Biosystems
AB7500 qPCR) for the specific detection of NoV GI, NoV GII, and HepA viruses. An initial screening
for the selected viruses was performed, in addition to confirmation for the absence of inhibitors with
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10-fold dilutions. RT-qPCR was performed for NoV GI, NoV GII, HepA, and Mengo virus detection
and quantification, with the use of commercial kits (ceeramTOOLS®, Biomérieux, France), according
to the manufacturer´s specifications.

2.3. Microbiological Analysis

Detection of total coliforms, E. coli, enterococci, and fecal coliforms was performed through the
use of Colilert and Enterolert with Quanti-Tray (IDDEX Laboratories, Westbrook, ME, USA). Samples
were processed according to manufacturer´s instructions. For heterotrophic plate count at 22 ◦C and
37 ◦C, agar inclusion technique was performed using 1 mL aliquots of the water sample (after the
necessary dilutions were performed) and adding 15 mL of Yeast Extract agar (VWR Chemicals, Radnor,
PA, USA), and incubated at 36 ◦C for 44 h and 22 ◦C for 68 h. After the incubation period at each
temperature, all colonies were quantified for each case.

2.4. Physical and Chemical Assessment

Temperature and pH were both determined (Thermo Scientific™Orion™3-Star Benchtop pH Meter,
Thermo Fisher Scientific, Waltham, MA, USA) according to standard methods, as well as free chlorine
and total organic carbon (TOC) [71]. Conductivity was measured according to Standard Guideline NP
EN 27888:1996 (MeterLab CDM 210) and Mohr´s Method was performed to assess chlorides.

2.5. Statistical Analysis

A descriptive analysis was made for numeric and categorical variables. For comparing different
measures among the three wastewater treatment phases, a Kruskal–Wallis non-parametric or Fisher’s
Exact Test was used. When differences were found, multiple comparisons with Bonferroni correction
was also performed. Correlation in each wastewater treatment phase was measured with the Pearson
correlation coefficient. Statistical tests were performed bilaterally at a significance level of 5%.
The statistical analysis of the data was performed using statistical software R, version 3.4.3. [74].

3. Results

3.1. Environmental and Drinking Waters

A statistical summary for virus, microbiological, physical and chemical results (median) is
presented in Table 1, concerning blank assays (BA), superficial water intended for drinking water
production (DW1), drinking water from Lisbon’s public supply system (DW2) and underground water
samples collected at two different sites in Lisbon (GW1 and GW2). None of the enteric viruses targeted
in this study—NoV GI, NoV GII, and HepA—were detected in samples from superficial water intended
for drinking water production (n = 10), drinking water from Lisbon’s supply system (n = 11) and
underground water samples (n = 19).

Microbiological, physical, and chemical results for drinking water samples (n = 11) were all in
compliance with national legislation—Law Decree No. 306/2007, 27th August, and Law Decree No.
236/1998, 1st August, with no microbial contamination detected. Environmental - superficial and
underground bodies of water - presented similar and reduced levels of fecal contamination, with no
significant differences between them (Table 1). Apart from conductivity and TOC, which presented
lower and higher values, respectively, in the superficial water samples. The physical and chemical
results were similar between the superficial and underground water samples.
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Table 1. Microbiological, physical, and chemical results (median) for blank assays (BA), superficial
water intended for drinking water production (DW1), drinking water from Lisbon’s supply system
(DW2), and underground water samples collected at two different sites in Lisbon (GW1 and GW2).
MNP—Most Probable Number, CFU—Colony Forming Units, GC—Genomic Copies. ND—Not
detected. n = total analyzed samples. LD (limit of detection) = 1 MPN/100 mL.

BA DW1 DW2 GW1 GW2

(n = 3) (n = 10) (n = 11) (n = 8) (n = 11)

Total Coliforms (MPN/100 mL) <LD 7.58 × 102 <LD 5.6 × 101 2.01 × 102

E. coli (MPN/100 mL) <LD 2 <LD 3 <LD

Fecal Coliforms (MPN/100 mL) <LD 1 <LD 2 1

Enterococcus (MPN/100 mL) <LD 0 4 <LD 5 2.6 × 101

HPC37 ◦C (CFU/mL) ND 8.4 × 101 ND 1.4 × 101 1.57 × 102

HPC22 ◦C (CFU/mL) ND 1.86 × 102 ND 8.9 × 101 3.01 × 102

TOC (mg/L) 0.0 3.9 0.0 0.0 0.0

Chlorides (mg Cl−/L) 1 7 14 30 69

Free chlorine (mg Cl2/L) 0.06 0.06 0.60 0.08 0.07

Conductivity (μS/cm at 20 ◦C) 2 71 173 552 827

pH (25◦) 6.0 7.9 7.9 7.8 7.1

NoV GI (GC/100 mL) ND ND ND ND ND

NoV GII (GC/100 mL) ND ND ND ND ND

HepA (GC/100 mL) ND ND ND ND ND

3.2. Wastewater

Untreated wastewater influent (WW1), effluent with secondary treatment (WW2) and effluent
with tertiary treatment (WW3) statistical results summary for virus, microbiological, physical and
chemical results (median) is presented in Table 2. HepA virus was only detected in one untreated
influent sample, with a 3.99 × 106 gc/100 mL concentration. NoV GI was detected in all wastewater
treatment stages - untreated wastewater influent (n = 15), effluent with secondary treatment (n = 7)
and effluent with tertiary treatment (n = 5). Similar results were obtained for NoV GII with the
following positive samples: untreated wastewater influent (n = 15), effluent with secondary treatment
(n = 11) and effluent with tertiary treatment (n = 3). It can be noted that NoV GI median concentration
reductions are significant between stages; a 6.67 × 107 gc/100 mL initial concentration is reduced
to 8.34 × 106 gc/100 mL (WW2) and to 8.81 × 105 gc/100 mL final concentration. NoV GII initial
4.86 × 107 gc/100 mL median concentration is also significantly reduced with secondary treatment
to 2.29 × 106 gc/100 mL (WW2). With UV and sand filtration, the effluent’s concentration is also
diminished (9.69 × 105 gc/100 mL), although with no observed statistical significance.

Significant differences were found between all treatment wastewater phases for FIB and HPC
at 37 ◦C and 22 ◦C concentrations. Notably, we can observe a significant FIB decay not only with
secondary treatment but also with tertiary sand filtration and UV treatment—after which FIB have
been eliminated upon tertiary treatment (results < limit of detection). According to current Portuguese
national legislations—Law Decree No. 119/2019, 21st August—these effluents (with tertiary treatment)
can be adequate for non-potable uses including irrigation, industrial uses, firefighting or street cleaning.
Excluding chlorides, with no significant variations between wastewater treatments, the majority of the
physical and chemical results, display a statistically significant reduction with secondary treatment -
activated sludge.
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Table 2. Microbiological, physical, and chemical results (median) for untreated wastewater
influent (WW1), effluent with secondary treatment (WW2) and effluent with tertiary treatment
(WW3). * Kruskall–Wallis non parametric test. ** Multiple comparisons tests with Bonferroni
correction. a—Statistically significant difference between untreated influent and secondary treated
effluent. b—Statistically significant difference between untreated influent and tertiary treated effluent.
c—Statistically significant difference between secondary and tertiary treated effluent. MNP—Most
Probable Number, CFU—Colony Forming Units, GC—Genomic Copies. ND—Not Detected. n = total
analyzed samples. LD (limit of detection) = 1 MPN/100 mL.

WW1 WW2 WW3
P-Value * Pairwise Test **

(n = 15) (n = 15) (n = 15)

Total Coliforms (MPN/100 mL) 7.70 × 107 9.80 × 104 <LD <0.001 a, b, c

E. coli (MPN/100 mL) 1.66 × 107 2.14 × 104 <LD <0.001 a, b, c

Fecal Coliforms (MPN/100 mL) 1.19 × 107 1.58 × 104 <LD <0.001 a, b, c

Enterococcus (MPN/100 mL) 3.99 ×106 8.80 × 103 <LD <0.001 a, b, c

HPC37 ◦C (CFU/mL) 3.10 × 106 1.50 × 104 4 <0.001 a, b, c

HPC22 ◦C (CFU/mL) 4.20 × 106 2.04 × 104 2 <0.001 a, b, c

TOC (mg/L) 169.0 7.90 7.70 <0.001 a, b

Chlorides (mg Cl−/L) 173 136 129 0.250 -

Free chlorine (mg Cl2/L) 0.06 0.10 0.09 <0.001 a, b

Conductivity (μS/cm at 20 ◦C) 1262 839 860 <0.001 a, b

pH (25◦) 8.0 7.0 7.5 <0.001 a, b, c

NoV GI (GC/100 mL) 6.67 × 107 8.34 × 106 8.81 × 105 <0.001 a, b, c

NoV GII (GC/100 mL) 4.86 × 107 2.29 × 106 9.69 × 105 <0.001 a, b

HepA (GC/100 mL) 3.99 × 106 ND ND - -

Correlations between the microbiological parameters analyzed in each wastewater treatment
phase (WW1, WW2 and WW3) were measured (Figure 1A–C). A positive correlation was observed
between NoV GI and NoV GII in untreated influent (ρ = 0.54), and between NoV GI and fecal coliforms
(ρ = 0.61). One of the highest correlations on this phase was found between Total Coliforms and
Enterococcus (ρ = 0.68). Several positive correlations were detected for secondary treated effluent
samples in microbiological parameters but none significant concerning NoV GI/GII. In tertiary treated
effluents, only one moderate correlation was observed for HPC 22 ◦C/37 ◦C (ρ = 0.60).

 
Figure 1. Cont.
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Figure 1. Graphical display of the correlation matrix of the microbiological parameters tested in each
wastewater treatment phase (A) WW1, (B) WW2, and (C) WW3). The “?”—means “Not enough finite
observations”.

4. Discussion and Conclusions

In the case of environmental and drinking waters, enteric viruses NoV GI, NoV GII, and HepA
virus were not detected in any of the samples in drinking, superficial, or underground water, suggesting
an absence of fecal contamination from a human source in these types of water. However, the presence
of total coliforms, E. coli, enterococci, and fecal coliforms were detected in samples from underground
and superficial samples, and though in reduced concentrations, it suggests a natural and expected
fecal contamination from animal origin. Studies showed that NoV, could be detected in particularly
high concentrations in feces - up to 1011 GC/g [75]. Consequently, the occurrence of NoV in surface
waters can be linked to contaminated water sources (i.e., fecal contamination) and with environmental
conditions determining the survival of the virus [14,76]. Since these viruses are highly infectious [49]
and demonstrate a high resistance to environmental degradation in water [77–79], its presence in
surface and groundwater intended for human consumption raises as a potential public health risk, by
which frequent monitoring of enteric viruses such as NoV besides FIB, could be desirable and prudent.

On what concerns the treated wastewaters, our results demonstrate that the absence of FIB does
not imply the absence of pathogenic microorganisms, namely NoV GI and GII in tertiary treated
wastewater (obtained after sand filtration and UV). FIB monitoring and their correlations with enteric
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viruses have recently been questioned [17,80,81], hence the necessity for more adequate indicators
in water quality monitoring, especially for wastewater use. Growing water resources management
concerns arise, not only in areas affected by droughts but also importantly in urban areas, like the one
targeted in this study—Lisbon, where water reuse represents one of the municipality’s commitments
as part of a sustainable hydric resources management, with self-evident safeguard for public health.
The results here obtained for Nov GI and GII concentrations are in accordance with previous studies
targeting untreated, secondary, and tertiary treated wastewater [82–85].

The results of our study support the hypothesis that NoV GI and GII might be suitable indicators
for water quality monitoring regarding wastewater treatment efficiency, regardless of the level of
the treatment—secondary or tertiary. A correlation between NoV (GI) and FIB (fecal coliforms) is
observed in untreated effluent, but in subsequent treatment phases, there was no correlation between
the targeted enteric viruses and FIB. While positive correlations observed between FIB and NoV
in untreated wastewater could be expected and were indeed observed, the absence of correlations
between FIB and secondary and tertiary treatment stages points out to a lack of a link between FIB and
the targeted enteric viruses concentrations. Moreover, in several samples with an apparent total FIB
elimination with UV and sand filtration treatment, NoV was still detectable. Our results point out
to the need of further studies and expansion to different WWTPs, in diverse locations and including
a higher number of samples, not only to further reinforce the results of this study and validate our
hypothesis but also to expand detection methods to other viral pathogens and evaluate the best and
most comprehensive indicators to use for water reuse situations. While cell culture methods have
been the gold standard for the detection of infectious viruses, qPCR methods became essential for
enteric virus detection in water samples due to shorter detection times, high sensitivity and specificity,
and the ability to detect viruses that are not easily or at all culturable [86]. A significant limitation of
the method applied in our study is the inability to differentiate infective viruses from non-infective
viruses. Nonetheless, viral genomes are present in water samples, particularly in reclaimed wastewater.
Considering an estimated 50% infectious dose (ID50) between 18 and 1,015 genomic equivalents [49],
public health risks may arise even from non-potable uses like irrigation or street cleaning, as incorrect
usage of treated wastewater has caused outbreaks of viral infectious diseases worldwide [31–33].
To this fact, it must enhance while qPCR delivers quantitative data with high accuracy; results
obtained by this method should be interpreted prudently because of potential losses during the
sample concentration/extraction/purification procedure, which may result in an underestimation in the
detection/quantification process [86]. The whole process control used in our study – Mengo virus –
allowed evaluating the efficiency for virus recovery in the different stages – from sample concentration
and RNA extraction, to RT-qPCR. However, even within the established ISO values (recovery ≥1%),
the obtained recovery rates for this control were usually low (<10%), which can underestimate NoV GI
and GII concentrations, particularly in reclaimed wastewater. Importantly, this study shows that a
procedure based on the international standard method for the determination of viruses in foods ISO/TS
15216-1 [72] could be applied for routine water quality monitoring of NoV and HepA, in different
water matrices.

The importance of FIB is undoubtedly as they are responsible for a significant improvement
in water quality assessment and safety management for many decades [1]. Nevertheless, current
regulations and legislation require critical revision to determine safety in particular for water reuse, as
we can observe samples determined compliant for bacterial indicators that are positive for NoV GI and
GII presence. Representing a key to the global water crisis, water reuse should also be determined safe
considering the different treatments applied, as enteric viruses’ infections also represent a worldwide
economic concern.
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Abstract: Water scarcity remains the major looming challenge that is facing Jordan. Wastewater
reclamation is considered as an alternative source of fresh water in semi-arid areas with water shortage
or increased consumption. In the present study, the current status of wastewater reclamation and
reuse in Jordan was analyzed considering 30 wastewater treatment plants (WWTPs). The assessment
was based on the WWWTPs’ treatment processes in Jordan, the flowrates scale, and the effluents’
average total dissolved solid (TDS) contents. Accordingly, 60% of the WWTPs in Jordan used
activated sludge as a treatment technology; 30 WWTPs were small scale (<1 × 104 m3/day); and a
total of 17.932 million m3 treated wastewater had low TDS (<1000 ppm) that generally can be used in
industries with relatively minimal cost of treatment. Moreover, the analysis classified the 26 million
m3 groundwater abstraction by major industries in Jordanian governorates. The results showed that
the reclaimed wastewater can fully offset the industrial demand of fresh water in Amman, Zarqa,
and Aqaba governorates. Hence, the environmental assessment showed positive impacts of reclaimed
wastewater reuse scenario in terms of water depletion (saving of 72.55 million m3 groundwater per
year) and climate change (17.683 million kg CO2Eq reduction). The energy recovery assessment in
the small- and medium-scale WWTPs (<10 × 104 m3/day) revealed that generation of electricity by
anaerobic sludge digestion equates potentially to an offset of 0.11–0.53 kWh/m3. Finally, several
barriers and prospects were put forth to help the stakeholders when considering entering into an
agreement to supply and/or reuse reclaimed water.

Keywords: reclaimed water; circular economy; anaerobic digestion; biogas; reuse; water pricing;
water depletion; industrial sector

1. Introduction

Water is becoming a limited resource in terms of quantity and quality due to the growing global
economy and population, accelerating urbanization, and climate change effects [1–3]. Water reuse
has been employed as an alternative water supply in arid and semi-arid regions [4,5]. In this context,
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wastewater and water reclamation plays a vital role in sustainable water resource management and
mainly in various application such as agricultural irrigation, industrial processes, aquaculture, and for
any non-human contact utilization, etc. [5–8]. Moreover, reclaimed wastewater is a resource that can
be continuously produced unaffected by climatic conditions [9,10], especially in the Mediterranean
region, one of the most vulnerable areas to climate change and with limited water resources [11–13].

However, the potential of recycling and reusing treated wastewater in a transition to a circular
economy should be exploited thoroughly in arid and semi-arid areas, since it could synergize the wide
adoption of water reuse as an alternate water supply [14–16].

Wastewater Reclamation Overview in Jordan

Jordan is classified as a semi-arid to arid country, with scarce water resources compared with
other countries in the Middle East, and is ranked among the poorest countries in the world in terms
of water availability [17–25]. Figure 1 shows the water resources in Jordan including locations of
wastewater treatment plants (WWTPs). The Syria crisis is still adding strain on Jordan’s economy and
infrastructure and has put pressure on all sectors including water, municipal services, and electricity
supply [26–34]. This problem is even more intense in areas with high population due to refugee
influx that caused unsustainable over-exploitation of groundwater, and consequently led to increasing
groundwater salinity and depleting resources (i.e., the water table was reduced by 5 m in areas like
Dhuleil-Hallabat, area of the Amman-Zaraq basin, and tripled in salinity) [35].

Most of the published literature on water reuse in the Middle East focused on reclaimed wastewater
uses in agricultural fields [36–40]. For instance, Hussain et al. (2019) reviewed 124 recent publications
on the multiple aspects of safe use of treated wastewater for agriculture, landscape, and forestry and for
non-conventional water resources management [40]. Moreover, it is also reported that approximately
20 million hectares of arable land worldwide is irrigated with wastewater [41].

Considering the water scarcity situation, Jordan has given top priority to the use of reclaimed
wastewater in agriculture and industrial sectors [42–45], hence, the reuse of wastewater in agriculture
has replaced freshwater resources, which were previously used for irrigation, allowing freshwater
to be reallocated to the municipal sector where there is higher demand and quality water is needed
for potable use. Despite of that, the agricultural sector accounts for 75% of all water consumption in
Jordan and produces only 2% of the Gross Domestic Product (GDP) [46]. On the other hand, to reuse
the reclaimed wastewater eco-efficiently in the industrial sector, most of the industrial facilities need to
improve their wastewater management practices and upgrade their on-site treatment units to treat the
wastewater before use [47].

The WWTPs play a vital role to decrease the environmental impacts of municipal and industrial
discharges [48], while having an advanced (tertiary) treatment, the wastewater recycling and reuse
can be promoted [49], as well as, enhancing the recovery of materials or energy [50]. Wastewater
reclamation is one of the recommended solutions for the problem of water scarcity although the
process may be complex, costly in terms of resources, and energy demanding depending on the quality
of treated wastewater and the adopted technology for tertiary treatment [51]. However, shifting
of the WWTP effluents from their application in agricultural irrigation to the industrial sector will
require recognition of the fact that some agricultural activity would no longer have access to water for
irrigation. Despite this, such a shift is recommended since most of the existing conventional treatment
of WWTPs (mechanical chemical and biological treatment) does not eliminate emerging pollutants (i.e.,
pharmaceuticals and personal care products, hormones and steroids, persistent organic pollutants,
etc.) from the wastewater, which can be induced into the food chain, subsequently causing adverse
ecological and human health effects [52].

So far, wastewater reclamation and reuse in the context of water shortage in Jordan is not high,
overall, whereas the potentiality of wastewater reuse is huge. The objectives of this paper are to
compressively analyze the current status of wastewater reclamation and its reuse in major industries
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in Jordan, and to summarize the opportunities and the challenges of expanding wastewater reuse, and
then to put forth prospects for future wastewater reclamation and reuse in Jordan.

 

Figure 1. Water resources in Jordan.

2. Materials and Methods

2.1. Wastewater Treatment Plants in Jordan

Jordan has a fair operational capacity in wastewater treatment, although it is highly cost-intensive.
The 34 central WWTPs are expected to treat 240 million m3 per year (MCM/year) by 2025 [18]. Increasing
sanitation coverage is expensive, and the proposed shift in water sector expenditures from water supply
to sanitation in 2011–2013 is a significant step toward increasing coverage. In 2013, collection costs
amounted to JOD 47 million (1$ is 0.71 Jordan Dinar (JOD)) and treatment costs to JOD 43.1 million [53].
Moreover, water and sanitation service costs are subsidized. Combined water and sewer bills amount
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to less than 0.92% of the total household annual expenditures. With Jordan’s population expected to
almost double by 2050, water demand will exceed the available water resources by more than 26% [18].

Figure 2 shows the variety and distribution of 34 different processes in WWTPs in Jordan. The most
widely used technologies are the activated sludge (AS) process with a share of 60%. Followed by the
wastewater stabilization pond (WSP) process with a share of 19%. While the trickling filter (TF) and AS
process, Membrane Bioreactor (MBR) and TF process, and oxidation sludge (OS) process were evenly
having the same use share of 6%, respectively. The TF process was the least used technology with a
share of 3%. Moreover, one of these WWTPs is of super-large scale (>30 × 104 m3/day), 4 WWTPs are
of medium scale (1 × 104–10 × 104 m3/day), and 30 WWTPs are small scale (<1 × 104 m3/day), which
are generally built in medium and small size cities and refugees camps.

Figure 2. The variety and distribution of different processes in wastewater treatment plants (WWTPs) in
Jordan. AS stands for activation sludge; OS is oxidation sludge; TF is trickling filter; WSP is wastewater
stabilization pond; MBR + TF is Membrane Bioreactor and TF process; and TS + AS is trickling filter
and activation sludge process.

2.2. Data Gathering and Analysis

The analysis carried out in the present study is divided into four main steps as illustrated in
Figure 3, which shows the methodological approach to addressing the specific objectives of this study.

A desk study was carried out for the available baseline documents (i.e., unpublished, monthly
progress reports, internal memos, and minutes of meetings) and other references for collecting the
technical data. The data and information used in the present study were gathered via semi-structured
interviews with key stakeholders in the water (Ministry of Water and Irrigation, Ministry of Agriculture,
Ministry of Environment, etc.) and industrial sectors (Ministry of Trade and Industry, Chambers
of Industry, etc.), and with international funding agencies (i.e., USAID, GIZ, etc.) involved in the
ongoing projects targeting integrated water resource management in Jordan. In addition, qualitative
and quantitative data and information have been derived from unpublished government reports.

Moreover, before the interviews, a brief session was hosted to probe respondents for greater clarity
in answers and consistency in relation to the objectives of the questions.

Information obtained through the interviews was crosschecked with the objective to reassess gaps
and divergences of information.
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Figure 3. Diagram of the framework.

3. Results and Discussion

3.1. Wastewater Reclamation: Current Capacity and Potential Reuse

3.1.1. Reclaimed Wastewater Production: Overview and Potentials

Most of the WWTPs in Jordan provide secondary treatment with a variety of activated sludge
processes followed by disinfection with chlorine. The exception is the Aqaba treatment facility, which
provides tertiary filtration of the oxidized secondary effluent followed by ultraviolet disinfection and a
chlorine residual. The total effluent of the wastewater flow from the WWTPs is around 166 million m3

based on data obtained from the Ministry of Water for the year 2018, as shown in Table 1.
The industrial sector mostly relies on fresh water, which could be used for domestic purposes.

For instance, the industry uses 32.2 million m3 groundwater, 4.8 million m3 surface water, and 1.7 million
m3 of treated wastewater [18]. Thus, this provides a great opportunity for groundwater-to-recycled
water substitution.

In the present study, the WWTP effluents were classified according to their average total dissolved
solids contents (TDSs) as follows: <1000 ppm; 1000 < TDS <1500; and >1500, based on wastewater
analysis data (average data 2010–2016). Figure 4 shows the classification of WWTPs according to their
effluents’ TDS.

Table 1 shows the annual WWTP effluents’ flow rate according to the TDS classifications. The first
class (TDS < 1000 ppm), which relatively has the lowest TDS, can be reused several times in most
industrial applications, especially in thermal units, cooling towers, etc. For instance, Aqaba recycled
water, which has the lowest salinity among the WWTPs in Jordan (TDS = 587 ppm), is most readily
usable in industrial applications. So potentially, this class represents 9 WWTPs distributed in different
locations in Jordan, as shown in Table 1, and, in total, 17.932 million m3 of treated wastewater of this
class can be used directly with no or low cost of on-site treatment in the industrial sector depending on
the fit-for-purpose water criteria.

However, the second class (1000 < TDS < 1500), which has medium TDS, has the highest annual
effluent flow rate of 147.323 million m3 in total out of 18 WWTPs distributed in widely different
locations in Jordan, as shown in Table 1. The most effluent wastewater flowrate in this class is
generated from Al Samra WWTP with 117.1 million m3 per year by offering sanitation services to
about two million in Amman and Zarqa governorates; the first and third most populated cities in
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Jordan, respectively [44,54]. With such large capacity and modern technology to ensure the highest
purifications, Al Samra is considered as one of the largest plants in the region [40], which treats about
70.54% of total reclaimed wastewater in Jordan. This class represents 18 WWTPs distributed in different
locations in Jordan, and, in total, 147.33 million m3 of treated wastewater of this class can be used with
medium cost of some necessary modification in the plant process in the industrial sector depending on
the fit-for-purpose water criteria.

The third class has a TDS > 1500, the WWTP effluents in this class cannot be used without further
intensive treatment such as: demineralization; blending with low-salinity water; and some change in
the industrial process. This class represents three WWTPs with 0.788 million m3 of treated wastewater,
as shown in Table 1. Therefore, due to the high capital cost of investment and relatively expensive
operating cost, this class is excluded from the present study analysis.

Table 1. Annual WWTP effluent flow rate according to the total dissolved solids (TDSs) classifications.

TDS Classification WWTP
Effluent Flow Rate
(Million m3/year)

Total Flowrate of Grouped
WWTPs (Million m3/year)

<1000 ppm

Aqaba-Tertiary 3.90

17.93

Aqaba-Lagoon 2.22
Wadi Essir 1.71
Wadi Musa 1.02

Salt 3.19
Fuhis 1.15

Abu Nusseir 1.31
Madaba 2.53
Ma’an 0.92

1000 < TDS < 1500

Karak 0.54

147.32

Mafraq 1.29
Mu’taa 0.55

Wadi Hassan 0.38
Al Samra 117.10

Irbid 3.10
Wadi Shalallah 3.43

Kufranja 1.25
Jeza 0.29

South Amman 4.72
Tafileh 0.80

Wadi Arab 4.98
Ain Albasha 5.12
Al-Me’rad 1.16

North Shouneh 0.15
Tal-Almanttah 0.15

Akeeder 0.82
Ramtha 1.50

>1500

Jerash 0.42
0.78Shobak 0.05

Al Lujjon 0.30

Excluding food and pharmaceutical industries, the total groundwater abstraction for industrial
purposes was approximately 26 million m3 in Jordan in 2015 [55]. The major industries considered in
the present study as the major groundwater abstracting industries are clarified in Table 2. Considering
this, Figure 5 shows the total groundwater abstraction by major industries in Jordanian governorates,
where the industries in Karak governorate were the most groundwater abstracting, with approximately
11.5 million m3 per year. Followed by the industries in Ma’an (4.38 million m3 per year). While
the industries in Zarqa and Aqaba governorates were close to each other in terms of groundwater
abstraction with 2.74 and 1.825 million m3 per year, respectively. The industries in the Capital Amman
were the least groundwater abstracting with 0.611 million m3 per year.
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Figure 4. Classification of WWTPs according to their effluents’ TDS.

Figure 5. Percentages of total groundwater abstraction by major industries in Jordanian governorates.

Table 2. Major groundwater abstraction industries in Jordan according to governorates.

Governorate Major Groundwater Abstraction Industries

Amman Cement, metals, concrete, paper and carton, etc.
Zarqa Petroleum refinery, metals and pipes, paper and cardboard, thermal power and electricity plants, cement, etc.
Karak Phosphate mines, potash, chemical fertilizers, cement, mining, etc.
Ma’an Phosphate, cement, etc.
Aqaba Phosphate, fertilizers, etc.

Hence, based on the data of first class and second class in Table 1, the potential reclaimed
wastewater substitution in major industries in Jordanian governorates is shown in Figure 6. It is
obvious that the reclaimed wastewater in Zarqa governorate can fully substitute the industrial demand
of fresh water (Figure 6a) and the needs for irrigation of 3000 donums for 20–30 farmers adjacent to Al
Samra WWTP as reported by Hussein (2018) [54] and Maldonado (2017) [44]. The full substitution of
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industrial demand is also noticed in both Amman and Aqaba governorates with 13.13- and 3.36-fold,
respectively. However, the shortage of industrial demand substitution is significantly clear in both
of Ma’an and Karak governorates with substitution amounts of 2.45 and 10.4 million m3 per year,
respectively, as clearly shown in Figure 6b. Therefore, for the WWTPs in the governorates with a
substitution factor less than one (mainly Ma’an and Karak governorates) it is preferable to prioritize
their effluents (reclaimed wastewater) for irrigation use where applicable.

 
Figure 6. Reclaimed wastewater substitution in major industries in Jordanian governorates:
(a) substitution factors, and (b) substitution amounts (million m3 per year).

Figure 7 shows the responses of the interviewed industries (17 samples from those shown in
Table 2). It is drastically indicated that low TDS (water salinity) is the major requirement that was
requested by 35% of the responses. Interestingly, the sample responses showed willingness to accept to
replace the groundwater with reclaimed wastewater.

Figure 7. Responses of reclaimed wastewater quality requirements by the major industries.

However, 6% of the responses requested advanced treatment to receive very low values of
TDS, biological oxygen demand (BOD), and chemical oxygen demand (COD). Zero total suspended
solids (TSS) was requested by 17% of the responses, and this was mainly required for the cooling of
power generators.

3.1.2. Environmental and Economic Benefits

Pintilie et al. (2016) studied the life cycle assessment (LCA) of substituting fresh water with
treated wastewater obtained from tertiary treatment and concluded that it does not lead to a substantial

152



Water 2020, 12, 1276

improvement of environmental impact for most of the indicators [48]. However, only water depletion
(WD) and climate change (CC) were considered in the present study to compare the environmental
impact between reclaimed wastewater reuse and no reuse scenarios. WD is recommended for
water-stressed situations because a net saving of water from nature represents the most important
effect of water reuse. The WD indicator values proposed by Pintilie et al. (2016) were considered in
the present assessment as the following: 5.74 × 10−4 m3 per m3 entering the whole system for the no
reuse scenario, and −4.39 × 10−1 m3 per m3 entering the whole system for the reclaimed wastewater
reuse scenario [48]. Negative values mean benefits to the environment, and positive values mean
damages. Accordingly, using the data in Table 1, the annual wastewater effluent amounts (mainly the
total flowrates of grouped WWTPs (million m3/year)) of both TDS less than 1000 ppm and 1000 < TDS
< 1500 ppm were 17.93 and 147.33 million m3 per year, respectively. The sum of them is 165.26 million
m3 per year, and using the aforementioned WD indicators, the analysis revealed that 94,860 m3 of fresh
water are depleted for the scenario of no-reuse of reclaimed wastewater; however, 72.55 million m3 of
water can be saved in reclaimed wastewater reuse in major industries in Jordan, as shown in Figure 8.
Results of a similar tendency were founded in literature [48,56].

Figure 8. Water depletion (million m3 of water) and climate change (million kg CO2Eq) analysis for both
reclaimed wastewater reuse and no reuse scenarios (negative values mean benefits to the environment,
and positive values mean damages).

The CC indicator values proposed by Pintilie et al. (2016) were considered as stated above [48].
The CC indicators were with negative values (indicates benefits to the environment) according to
Pintilie et al. (2016) are the following: −1.07 × 10−1 and −3.20 × 10−2 kg CO2Eq per m3 reclaimed
wastewater for both scenarios of reuse and no reuse, respectively [48]. Accordingly, using the data
in Table 1, the annual wastewater effluent amounts (mainly the total flowrates of grouped WWTPs
(million m3/year)) of both TDS less than 1000 ppm and 1000 < TDS < 1500 ppm were 17.93 and
147.33 million m3 per year, respectively. The sum of them is 165.26 million m3 per year, and using
the aforementioned CC indicators, as shown in Figure 8, both scenarios showed beneficial impacts
(negative values) to the environment in terms of climate change impacts. The no reuse scenario has
relatively higher benefits with 17.683 million kg CO2Eq reduction compared to a 5.288 million kg CO2Eq

reduction for the reuse scenario.
Normally, several factors influence the reclaimed wastewater provision and exploitation as

a substitute [57,58]. According to the economic analysis of wastewater reclamation in Jordan,
the difference between water price and reclaimed wastewater price plays a vital role in the willingness
of the industries to accept the reclaimed wastewater as substitute. Therefore, for the low TDS (<1000)
reclaimed wastewater (Table 1), the average cost of one m3 of reclaimed wastewater is estimated at
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0.55 JOD (including the pipeline installation, pumping electricity, and operation and naintenance
(O&M) costs), while the cost of fresh water is 1 JOD/m3. In this case, the reclaimed wastewater is
competitive to some extent with regard to its price advantage. Moreover, based on experts’ estimation,
the environmental value of groundwater saved in the groundwater aquifer is 1.5 JOD/m3. Hence, the
cost–benefit analysis of this case (water of TDS< 1000) is attractive for the consumer and the government.

While for reclaimed wastewater with TDS higher than 1000 ppm, a treatment is needed based
on the application. Therefore, excluding the reuse of reclaimed in cement and concrete industries,
the average cost of one m3 of reclaimed wastewater is estimated at 2 JOD (including treatment, pipeline
installation, pumping electricity, and O&M costs). It is worth mentioning that the long-distance
pipelines from WWTPs to industrial zones and clusters, were the major cause for such costly per m3

water cost, especially in southern Jordan clusters. In order to overcome the hesitance of industries to
reuse reclaimed wastewater when advanced treatment is required, subsidies by way of discounted
cost of water should be provided in addition to fund allocation for capital cost coverage when on-site
treatment is needed, as well as policy reforms to enhance the financial sustainability of the water sector.

3.2. Energy Recovery from Wastewater Reclamation

Wastewater treatment in WWTPs (mainly AS treatment process) requires around 0.38–2.74 kWh/m3

in Jordan, as shown in Figure 9. Additionally, 0.95–1.25 kWh/m3 is needed for wastewater as reported
in literature [59,60]. The difference in energy use needed for wastewater reclamation and supply can be
reduced by recovering organic energy during the wastewater treatment process [59]. Currently, only
in the Al Samra WWTP, biogas production from sludge treatment is undertaken in Jordan. As shown
in Figure 10, the two types of thickened sludge are mixed in two covered tanks of 98 m3 volume before
being pumped and introduced in seven anaerobic digesters of a capacity of 15,900 m3 each. In the
digesters, the sludge is mixed thoroughly by Cannon®mixers (Trevose, PA USA) using the recycled
compressed biogas. The sludge stays for three weeks at 35 ◦C in the digesters. Heating is done by hot
water recovered from the cooling of the engines in a shell-and-tube heat exchanger. Through hydro
energy and biogas production, the Al Samra WWTP has a potential energy recovery of 95% of its needs,
only 5% is drawn from the national grid. Moreover, 300,000 tons of CO2 is saved per year through
energy recovery and renewable energy utilization [61].

The introduction of anaerobic sludge digestion is generally expected to offset 25–50% of an aerobic
wastewater treatment plant’s energy needs [59,63,64], however, based on WWTP data gathered in
Jordan, having anaerobic sludge digestion in the small- and medium-scale WWTPs (<10 × 104 m3/day)
can potentially produce electricity that would equate to an offset of 0.11–0.53 kWh/m3. Consequently,
this may help in reducing the costs of reclaimed wastewater reuse with further treatment requirements
mainly for reclaimed wastewater with TDS higher than 1000 ppm as stated before.

However, energy produced from anaerobic sludge digestion can be feasibly increased by
co-digestion with kitchen or other organic wastes [65–69]. Currently, the co-digestion is only applied
at a laboratory scale in Jordan. Al-Addous et. al. (2019) evaluated the potential biogas production
from the co-digestion of municipal food waste and wastewater sludge at a refugee camp. Accordingly,
a possible ratio to start with is 60–80% organic waste, which can produce 21–65 m3 biogas ton−1 of
fresh matter [70].

Notwithstanding that co-digestion does not exist in Jordan yet, the anaerobic digestion systems
tend to be well operated in Jordan (i.e., Al Samra WWTP). Hence, when co-digestion is utilized in
Jordan, this will be a vital opportunity to make cost-effective use of existing facilities and improve
sludge biogas potential [71–74].

154



Water 2020, 12, 1276

Figure 9. WWTPs’ electricity consumption data for the activated sludge (AS) treatment process.

Figure 10. Biogas production in anaerobic digesters at the Al Samra WWTP [62].
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3.3. Reclaimed Wastewater Reuse: Barriers and Prospects

3.3.1. Reclaimed Wastewater Quality and Industrial Needs

Industrial uses of reclaimed wastewater come in many different ways such as cooling-water,
processing, and boiler feed water. Therefore, the process water requirements for water quality vary
depending on the industry. Some of the concerns for industrial use of reclaimed wastewater are
corrosion, scaling, and biological growth; however, these concerns are applicable to potable water as
well. Most of cooling water is treated already to address these concerns. For instance, corrosion is a
concern in cooling water no matter whether the facility uses potable water or reclaimed wastewater.
Scaling from dissolved minerals such as calcium, magnesium, and phosphates can be controlled by
monitoring and chemically treating the water to prevent scaling. Magnesium–phosphorus precipitation
from sludge and the recovery of struvite after anaerobic sludge treatment process is conducted in
order to prevent clogging in pumps and pipes in any further reuse applications [75–78]. Biological
concerns can be addressed by adding chlorine to levels of 2.0 mg/L that will kill most microorganisms
that causes corrosion or deposits in cooling systems [79].

To facilitate the use of recycled water in industrial applications, the information on the quality
of the municipal recycled water should be provided and available to the industrial users. Moreover,
opportunities to improve water quality for specific purposes, either by the supplier through additional
treatment and/or source control, or the industrial user can improve treatment and control processes to
levels specific to its process needs.

3.3.2. Reclamation of Wastewater Technologies

Lyu et al. (2016) discussed all advances in technology by which wastewater may be treated to
meet the most stringent quality requirements and be used for any purposes desired [49]. For instance,
the technologies applied in wastewater reuse include: (1) oxidants for disinfection purposes using
sodium hypochlorite; ultraviolet radiation [80]; and ozone for high bactericidal disinfection [81] and
the removal of 90–99% for antibiotics and estrogens [82]; (2) biological treatments such as anaerobic,
maturation ponds and constructed wetlands [83–85]; (3) physical separations such as membrane
filtration for 81% removal of electroconductivity, 83% for Na+, and 80% for Cl− [86]; the removal of
95% of heavy metals [87]; the removal of >89% of pharmaceuticals [88]; (4) electrochemical treatments
to completely remove Escherichia coli [89–91]; as well as, (5) solar photocatalysis with TiO2 for >90%
removal of emerging pollutants (i.e., pharmaceuticals and personal care products) [92], and removals
of 33% for Cd and 75% for Co [93].

3.3.3. Reclaimed Wastewater Supply Continuity

The industry demands a constant non-interrupted flow of reclaimed wastewater throughout the
day [94]. In Jordan, although the reclaimed wastewater supply volumes vary diurnally and seasonally,
its continuity is not so critical since WWTP effluents have relatively uninterruptable higher flows than
the demand flows needed by the nearby main industries. It is noteworthy that flow equalization and
water conveying capacities should be investigated to match the supplies with the demands and vice
versa [95].

3.3.4. Willingness to Participate and Willingness to Pay

As deduced based on the results of these interviews, most of main industries considered in
the present study expressed a positive stance toward reclaimed wastewater reuse, while they are
willing to pay a significantly less amount of money than they already pay, for freshwater. Therefore, a
comprehensive survey about the willingness of the industrial sector to switch to the use of reclaimed
wastewater instead of groundwater is of high significance. Such surveys will help in providing more
accurate data for the financial evaluation of the recycled water service and a basis for negotiation with
the industries.
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Factors that influence industrial user’s ‘willingness to pay’ for reclaimed wastewater include:
(1) price of alternative water sources (i.e., potable, surface water, and groundwater supplies);
(2) perception of the scarcity of alternative sources; (3) capital and operating costs of switching
to reclaimed wastewater supply; (4) reclaimed wastewater quality, quantity, and levels of service and
reliability of supply.

3.3.5. Pricing Systems

A range of pricing systems for reclaimed wastewater can be proposed in Jordan and assessed on
a win–win situation. The pricing systems can be employed alone or in combination [96], which are,
but not limited to: (1) A usage fee scheme in which the industries finance the infrastructure installation,
and then the usage charge offsets the supply cost of the reclaimed wastewater. For instance, such type of
pricing was adopted in 2003 by the Australian government under the national water reform process [97].
(2) A connection fee which is a once-off contribution toward the cost of infrastructure needed to deliver
reclaimed wastewater to the industry’s delivery point. This fee may be subject to negotiation between
the supplier and the industries to agree on a financial arrangement where both parties may fully or
partially cover the fee of the actual work to deliver the reclaimed water to the delivery point. (3) A flat
fee regardless of use (“take or pay” arrangement). For instance, regardless of actual use, the industries
are obliged to pay for 75–100% of the contracted recycled water volume, and for all water consumed
by the industries above the contracted level. Although this pricing scheme provides the WWTPs with
guaranteed income that sustains the financials of running the scheme, it may encourage overuse of
reclaimed wastewater by the industry and improper discharges to the environment.

3.3.6. Reclaimed Wastewater Agreements

Specific reclaimed wastewater guidelines are important in managing the supply and use of
reclaimed wastewater particularly in relation to quantity and quality [98]. Through the agreement
negotiations between the supplier of reclaimed wastewater and the customers (i.e., industries). Wherein,
the parties agree to a set of obligations and responsibilities under which the reclaimed wastewater
reuse scheme will operate [99]. Key issues that reclaimed wastewater agreements should cover include:
(a) price, quantity, and quality of reclaimed wastewater; (b) security of the reclaimed wastewater
supply; (c) measures to identify, allocate, and manage risks and ensure safe use of reclaimed wastewater;
(d) liabilities and insurance for potential damages caused by supply and use; and (e) compliance with
legislative and common law requirements.

4. Conclusions

The following findings can be concluded in the present study:

• Jordan is classified as a semi-arid to arid country and is ranked among the poorest countries in the
world in terms of water availability. Therefore, reclaimed wastewater reuse has been driven as
an alternative water supply in such looming challenges of water scarcity. For instance, a total of
26 million m3 of groundwater abstraction is exploited annually for industrial purposes.

• In the present study, the 34 processes in WWTPs in Jordan were assessed in terms of their treatment
processes, scale, and effluent TDS. The most widely used technologies are AS (60%) and WSP
(19%), while the TF and AS process, MBR and TF process, and OS processes were had an even
use share of 6% each. Moreover, 30 WWTPs were classified as small scale (<1 × 104 m3/day),
which were generally built in medium- and small-size cities and refugee camps. Moreover, the
analysis showed that 17.932 million m3 of treated wastewater has low TDS < 1000 ppm and can be
reused several times in most industrial applications, especially in thermal units, cooling towers,
etc. However, highest annual effluents flow rate of 147.323 million m3 in total out of 18 WWTPs
distributed in widely different locations in Jordan have 1000 < TDS < 1500, which can be used
with medium cost depending on the fit-for-purpose water criteria.
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• Full substitution of industrial demand by reclaimed wastewater reuse can be achieved in both
Amman and Aqaba governorates with 13.13- and 3.36-fold, respectively. However, the shortage of
industrial demand substitution by reclaimed wastewater is significantly clear in both of Ma’an and
Karak governorates with substitution amounts of 2.45 and 10.4 million m3 per year, respectively.

• The environmental assessment showed positive impacts of reclaimed wastewater reuse scenario
in terms of water depletion (saving of 72.55 million m3 of groundwater per year) and climate
change (17.683 million kg CO2Eq reduction).

• From circular economic perspective, and based on WWTP data gathered in Jordan, having
anaerobic sludge digestion in the small- and medium-scale WWTPs (<10 × 104 m3/day) can
potentially produce electricity that would equate to an offset of 0.11–0.53 kWh/m3. Consequently,
this may help in reducing the costs of reclaimed wastewater reuse with further treatment
requirements mainly for reclaimed wastewater with TDS higher than 1000 ppm as stated before.

• It is recommended in the present study that reclaimed wastewater agreement negotiations
should be promoted between the supplier of reclaimed wastewater and the customers (i.e.,
industries). Moreover, indicators such as willingness to participate and willingness to pay need to
be significantly determined in order to reach a win–win scheme of reclaimed water pricing model.
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