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Preface to ”Freshwater Macroinvertebrates: Main
Gaps and Future Trends”

Being also known as “the blue planet”, Earth is almost entirely covered with water. Nonetheless,

only a small percentage (2.2% of the total) is freshwater. Of this, less than a third is available for living

organisms. Facing raising threats posed by global changes, freshwaters are nowadays an increasingly

rare, precious, and non-renewable resource, which should not be wasted.

Macroinvertebrates are ubiquitous organisms found in both fresh and brackish waters all

around the globe, from streams of different sizes to lakes, wetlands, ponds, river estuaries, and

lagoons. They are often unevenly distributed and relatively difficult to sample, especially in deep

sediments where they play a crucial role in linking sediments and their processes to the food webs.

Therefore, their species richness and their function are mostly neglected until the ecosystems show

visible environmental modifications. Indeed, several factors impact species assemblages locally and

globally: nitrogen deposition, salinity and temperature increase, pollution (e.g., pesticides and heavy

metals), introduction of alien species, floods or droughts.

Hence, we developed the idea of a Special Issue that dealt with freshwaters and

macroinvertebrates, with the aim of describing recent developments in biomonitoring of lakes and

rivers, and of identifying future scientific developments to provide data and updates to politicians,

water managers, technicians of environmental agencies, and researchers. The involvement of

everyone is a key factor in planning and developing future activities for its management and fair

and sustainable use.

Freshwater ecology used several approaches to study and sample macroinvertebrates, to

develop metrics and indices to be used to evaluate the ecological status of the environments they

inhabit, to standardize the sampling and the classification of water status. Moreover, problem-solving

solutions arise from the development of experimental designs useful to monitor the presence or the

absence of macroinvertebrates or their abundances. This Special Issue presents the past and current

knowledge on freshwater macroinvertebrates to understand their role as providers of ecosystem

services, to highlight the effects of global changes on their community structure, and to underline

major gaps in their study. A special emphasis is dedicated to their value as biological indicators of

environmental change for the assessment of water ecological status and human risk.

The papers submitted highlight that: i) the Water Framework Directive could have a worldwide

application in its general term to obtain robust and shareable data; ii) diatoms could be used

in biomonitoring programs supporting researchers with information that provides a different and

integrated perspective with respect to the sole use of macroinvertebrates; iii) data sharing is a

useful tool to derive larger scale analyses and distribution patterns of macroinvertebrate assemblages

under climatic change stress, reducing at once costs and time for river ecology research; iv) alien

species introduction causes a redistribution of species within ecosystems, but can be used to promote

mitigation and conservation actions on native species or allow the development of new sampling

strategies for large and deep lakes to obtain robust information on littoral occurrence of species; and

v) researchers should focus their research also on cave organisms to solve the uncertainties linked

to their poor taxonomic identification, sampling difficulty, biogeographic distribution, and richness

contributing to solve Linnean, Wallacean, and Racovitzan shortfalls.

ix



All the previous statements highlight that invertebrates are often neglected in biodiversity

conservation policies that must be therefore implemented in order to contrast the current loss of

biodiversity, to favor the achievement of the quality objectives of the Water Framework Directive,

and to find mitigating solutions for the effects of anthropogenic pressures on aquatic ecosystems.

Angela Boggero, Laura Garzoli

Editors
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Abstract: The Water Framework Directive requires that the ecological status of surface waters be
monitored and managed if necessary. A central function in ecological status assessment has the
Biological Quality Elements—organisms inhabiting surface waters—by indicating human impact on
their habitat. For benthic invertebrates, a wide array of national methods are used, but to date no
comprehensive summary of metrics and methods is available. In this study, we summarize the benthic
invertebrate community metrics used in national systems to assess the ecological status of rivers,
(very) large rivers, and lakes. Currently, benthic invertebrate assemblages are used in 26 national
assessment systems for rivers, 13 assessment systems for very large rivers, and 21 assessment systems
for lakes in the EU. In the majority of systems, the same metrics and modules are used. In the
Red Queen’s race of ecosystem management this may be a disadvantage as these same metrics and
module likely depict the same stressors but there is growing evidence that aquatic ecosystems are
subject to highly differentiated, complex multiple stressor impacts. Method development should be
fostered to identify and rank impacts in multi-stressor environments. DNA-based biomonitoring 2.0
offers to detect stressors with greater accuracy—if new tools are calibrated.

Keywords: saprobic index; general degradation index; bioassessment

1. Introduction

Protecting the integrity of the biodiversity and functioning of an ecosystem are key
factors underpinning the continuous supply of ecosystem services [1]. In freshwater
habitats, these are most importantly associated with supply of safe food and drinking
water, self-purification, transportation, as well as recreation opportunities and are at the
core of the Sustainable Development Goals [2,3].

The European Union implemented several laws to sustain natural resources and
ensure environmental protection. As human impact on both biodiversity and ecosystem
services increases such efforts are a primary concern of development and law-making [4–7].
The European initiatives and efforts are a good example how collaborative governing can
help to overcome significant environmental challenges.

The Water Framework Directive (WFD, Directive 2000/60/EC) is among the most
prominent pieces of legislation that pertain to EU freshwater and coastal habitats and
prescribes monitoring the chemical (CS) and ecological status (ES) of surface waters—both
lakes and rivers—in each EU member state. ES reflects the quality of the ecosystem structure
and functioning of any surface water and is defined based on the deviation of observed
communities of Biological Quality Elements (BQEs) from pristine or near-natural reference
conditions. In particular, the river-specific assessment of ES is to be undertaken by assessing
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the composition and abundance of aquatic flora, or composition and abundance of benthic
invertebrate fauna, or composition, abundance, and age structure of fish fauna. For lakes,
assessment of ES also includes composition, abundance, and biomass of phytoplankton.

In line with the WFD, each EU member state implemented water body type-specific
methods and tools to assess Ecological Status Class (ESC), and these approaches were
intercalibrated to generate comparable results across the EU [8,9]. Assessing ESC of
any water body follows a standard line of action [9–11]. In a first step, adequate and
standardized sampling procedures are used to obtain a sample of the BQE community
at a designated site. To obtain the relevant parameters of the BQE community, sampling
focuses on measures composition, abundance, biomass, or age structure. Following this
data generation step, specialized software solutions—hereafter called Ecological Status
Class Assessment Tools (ESCATs)—are used to calculate values describing the community,
and to relate these values to reference conditions and threshold values delimiting the
different ESCs [8,9]. Based on deviation from reference and the threshold values in an ESC
are assigned into five categories as: high, good, moderate, poor, or bad. A high ESC is
defined as showing no to minimal deviations from a—theoretically pristine but in reality,
mostly minimally disturbed—reference condition (sensu [12]), while a good ESC may
reflect human activity but only to a slight extent. The other ESCs harbour communities
that are significantly more disturbed than those observed in habitats of good ESC.

Naturally, a variety of different options were pursued to develop and ultimately
intercalibrate ESC estimation tools, following monitoring traditions and available exper-
tise [13,14]. However, a particularly prominent and frequently used BQE group is the
benthic invertebrate fauna, and with excellent reason: benthic invertebrate assemblages
are not only relatively easy to identify, but they also have narrow ecological niches which
render them highly sensitive to changes in their environment—including anthropogenic
disturbance [15–17]. Further, there is a strong tradition of using benthic invertebrates
in biomonitoring, as their value as indicators of habitat conditions was recognized early
(e.g., [18,19]). For benthic invertebrate assemblages, composition and abundance are to be
measured and used for ESC assessment.

To quantify and compare these community parameters in ESCATs, different modules
focusing on the sensitivity/tolerance and metrics are used. Modules are usually constructed
based on taxon-specific indicator values or combinations of metrics that relate to the
probability of a particular BQE community succession along a disturbance gradient. Based
on composition and/or abundance of an observed BQE community all indicator values
can then be summed or averaged, optionally including abundances as weights, to obtain
a single numerical descriptor of the sampled habitat. Examples for modules include
the Average Score Per Taxon index (ASPT), the Biological Monitoring Working Party
index (BMWP), or the Saprobic index sensu Zelinka and Marvan [20–22]. Metrics usually
are single numerical descriptors that are obtained by simple enumeration, via an alpha-
diversity index (such as Margalef’s index [23] or Shannon diversity [24]) or by calculating
the proportion of a certain functional group observed in the BQE community (e.g., the
number of sensitive or filter-feeding taxa) and are often used in combinations as multimetric
indices [11,25].

However, there is surprisingly little information available on how ESCATs actually
use benthic invertebrate assemblage data for WFD-compliant ESC estimation. In particular,
there is a lack of comparative summaries for methods applied in rivers and lakes, and no
attempt has yet been made to catalogue modules and metrics that are used in different
ESCATs. Here, we provide a first summary of benthic invertebrate-based ESCATs used in
rivers and lakes. We moreover present a catalogue of modules and metrics constituting
ESCATs and discuss advantages and shortcomings of different modules and metrics for
biomonitoring in general and specifically in respect to future biomonitoring approaches.

2
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2. Data Acquisition and Access

Data on construction of national ESCATs were compiled from all primary articles
(i.e., peer-reviewed articles and technical reports) that were submitted to the European
Union in accordance with WFD regulations (see Supplementary Information), detailing
metrics, indices, and modules used for ESC estimation in rivers, (very) large rivers, and
lakes. Based on this database, we assessed which types of modules and metrics lay base to
the respective assessment system. We did not include methods targeting acidification, as
these were not implemented in each EU member state. Further, river-specific systems are
used in (very) large rivers as well; this approach is shown separately for the purpose of
this contribution. Further, different ESCATs are in use a number of countries, reflecting
geographical differentiation.

We tabulated modules and metrics and assessed how frequently these are used in the
diversity of ESCATs. For the purpose of this study, we consider as "modules" (usually used
to refer to sensitivity/tolerance metrics [11]) tools that directly return an assessment result:
an integrated index value from taxon-specific indicator values or metric combinations.
Likewise, we consider as metrics numerical descriptors of bioindicator communities that
deliver single values and can be integrated to a multimetric index. If a single module is
used for assessments we treat it as depicting general degradation, as no further information
on stressors is integrated. Based on our initial assessment, we developed a comparative
framework in which the different national river ESCATs are grouped according to the
number of shared modules and metrics.

3. Ecological Status Class Assessment across Europe

Currently, there are 26 assessment systems using benthic invertebrate assemblages
for ESC estimation in rivers, 13 assessment systems for very large rivers—representing 38
ESCATS—and 21 assessment systems for lakes that represent 19 ESCATs.

For the assessment of rivers, three countries make use of decision tables: Denmark
(Danish Stream Fauna Index, DSFI), and Bulgaria and Ireland (Q-value tables). Decision
tables do not require computation of module or metric values, but rather assess ESC based
on decision-table guided expert judgement. A total of six ESCATs are based on a single
module only and used in Bulgaria (Q-value tables), Denmark, (Danish Stream Fauna Index,
DSFI), Greece (Hellenic Evaluation Score, HES), Ireland (Q-value tables), Spain (Iberian
BMWP), and Sweden (ASPT). All other ESCATs rely on the combination of at least one
module and at least one metric. Of these, 18 are true multimetric ESCATs that integrate
several metrics for ESC assessment (Table 1).

Table 1. Summary of national ESCATs for wadeable rivers, grouped according to similarities in modules and metrics used.
Biomonitoring strategies differ among EU member states and associated countries, which is reflected in application of
different modules and metrics. Bulgaria and Ireland use the Q-value approach, while Norway, Spain, Greece, Luxembourg,
and Denmark use a single module. In the majority of EU member states, general degradation modules like the ASPT, the
BMWP or the DSFI are complemented with additional metrics on diversity, functional ecology, and sensitivity/tolerance
of benthic invertebrates. A large minority of ESCATs rely on a combination of organic pollution and general degradation
modules with additional metrics. Abbreviations: O.P., organic pollution module; G.D., general degradation module; SI,
Saprobic index; GDI, general degradation index; DI, diversity index; TD, taxonomic diversity metrics; CC, community
composition metrics; FE, feeding ecology metrics; HM hydromorphology metrics; LC, life cycle metrics; ST, sensitive taxa
metrics. All other abbreviations as listed in the glossary.

Country
O.P. G.D. Taxonomic Diversity Metrics Functional Metrics Sens.

Metrics

SI GDI DI TD CC FE HM LC ST

BG Q-Value
IE Q-Value

NO GDIASPT
ES GDIBMWP-I

3
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Table 1. Cont.

Country
O.P. G.D. Taxonomic Diversity Metrics Functional Metrics Sens.

Metrics

SI GDI DI TD CC FE HM LC ST

EL GDIEL
LU GDIDSFI
DK GDIDSFI

BE (W) GDIGFI NTaxa
BE (F) GDIBE H’ NTaxa, NEPT NSens

LV GDIDSFI,
GDIASPT

NTaxa, NEPT

LT GDIDSFI,
GDIASPT

NDEP
PEHP,
PCrHi

EE GDIDSFI,
GDIASPT

H’ NTaxa, NEPT

ES GDIBMWP-I
NTaxa, NEPT,

NETD

log(PETD),
log(PEPTD)

ES GDIASPT-I NEPT, NFam PEPTCD

CY GDIASPT H’ NEPTFam,
NFam,

PEPTD,
PGOlD

IT GDIASPT H’ NFam, NEPT
PEPTD,
PGOlD

PL GDIASPT H’ NFam,
NEPTFam

PEPTD,
PGOlD

PT GDIASPT-I L’ NFam,
NEPTFam

PETD,
PEPTCD

FR GDIASPT H’ NTaxa Puvp, Povp

HU GDIASPT H’
NTaxa, NEP,

NEPT,
NEPTCOB

PEPT PPre

PRheo,
PLimno,

PLit

FI GDIPMA
NSens,

NSens(EPT)

NL PSens,
PPos, PNeg

ES NFam,
NEPTFam

PTP,
PDomFam,

PO;
βBray-Curtis

NSens,
PSens

ES D’ PE, PEPT;
βBray-Curtis

NSens,
PSens

RO SIPB H’ NFam
PEPT,
POCh

PDet
PRheo,
PLimno

SE SIZM GDIASPT NEPT PCr, PEPT

SK SIZM GDIBMWP D’ NFam, NEPT
RETI,
PDet

LZI, Rheo,
PMeR

HR SIPB
GDIASPT,
GDIHR * D’ NEPTCOB PEPT RETI LZI Pr-Strat

SL SIZM GDISL * L’ NEP
PEPT, PT,

PP

PDet,
PXSAP

DE SIZM GDIGER NT, NEPTCOB PEPT
Rheo, PLit,

PPel

CZ SIZM GDIBmodel D’ NTaxa, NChir PEPT, PE RETI

PEpR,
PMeR,
PHyR,
PLith

AT SIZM GDIAUT D’ NTaxa, NEPT PEPT, POD RETI PLit, LZI

* depicts hydromorphology pressures as well.
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In very large rivers, all existing methods integrate a saprobic and/or general degrada-
tion index with other metrics (Table 2).

Table 2. Summary of ESCATs used to assess ecological status specifically in (very) large rivers. Biomonitoring in very large
rivers employs a similar range of metrics and modules as are used in wadeable rivers. All abbreviations and comments as
in Table 1 and as listed in the glossary.

Country O.P. G.D. Taxonomic Diversity Metrics Functional Metrics Sens. Metrics

SI GDI DI TD CC FE HM ST

AT SIZM GDIBMWP POl RETI LZI, PALP
BG NTaxa NSens
HR SIPB GDIHR * PALP
CZ SIZM GDIrekoMEPT D’ PEPT PEpP SPEARorganic
EE GDIASPT H’ NTaxa, NEPT
DE SIZM PTI

EL GDIASPT H’ NEPT, NFam
PEPTD,
PGOlD

HU GDIASPT H’ NTaxa,
NEPTCOB

LV GDIASPT H’sensEPT NTaxa, NEPT
NL NEPTFam PSens, PPos, PNeg
RO SIPB H’ NFam PEPT, POCh PLimno
SK SIZM GDIBMWP POl RETI LZI, PALP
SL SIZM GDISL * PALP

For the assessment of lakes, two ESCATs are based on a single module only (used
in Finland and Sweden, respectively), while the remainder of assessment approaches
integrates at least one module and several metrics (Table 3).

Table 3. Summary of ESCATs used to assess ecological status of lakes in the European Union. Ecological status assessment
in lakes focuses on modules and metrics detecting general degradation (GDI) as well as deviations in taxonomic diversity
via diversity indices (DI), direct measurements of taxonomic diversity (TD), and community composition (CC). Further,
functional metrics focusing on feeding ecology traits (FE) or habitat requirements concerning hydromorphology (HM) or
life cycle traits (LC) of the observed benthic invertebrate assemblages are used. Additionally, sensitive taxa (ST) are used in
ecological status assessment. All abbreviations as in Tables 1 and 2 and as listed in the glossary.

Country
G.D. Taxonomic Diversity Metrics Functional Metrics Sens. Metrics
GDI DI TD CC FE HM LC ST

AT NTaxa LAOl, PNeo PGat Pr/K-strat
BE GDIBE H’ NTaxa, NEPT NSens
BG GDIBMWP H’ NFam
HR D’ NFam PEPT,PChi
DK GDIASPT ln(H’) NEPTCOB PCOP
EE GDIASPT H’ NTaxa, NEPT ADISE
FI GDIPICM

#

DE † GDIGER H’ PO PGat Pr/K-strat
DE † GDIGER NETO PO PLith
EL H’ NTaxa PChir
EL GDIASPT D PO
HU GDIBMWP H’ NFam
IT GDIBQIES

#

LV GDIASPT H’ NTaxa, NEPTBO
LT GDIASPT ln(H’) NCEP PCOP
NL PTyp, PPos, PNeg
PL GDIASPT H’ NEPTCOBFam PD
RO H’ NFam PET, PG, POrCh FGI
SL GDILFI * D’ NTaxa
ES GDIABCO NCruIns
SE GDISE

#

* addressing hydromorphological alterations; #, addressing eutrophication; †, Germany employs two different ESCATs for lakes, one for
alpine and one for lowland lakes.

5



Water 2021, 13, 346

4. Types of Approaches: Decision Tables, Modules and Metrics

Decision tables present conditions that describe the status of an observed BQE com-
munity. These typically build on the occurrence and abundance of taxa and provide if-then
solutions to assign ESC. Examples are the DSFI and the Q-value tables. The DSFI is also
used outside of Denmark, in two other ESCATs (Estonia and Latvia).

Modules comprise Saprobic Indices (SI) and General Degradation Indices (GDI).
Metrics represent different aspects of the observed communities, such as captured

by (1) a diversity index or a derivative thereof (e.g., H’, D’, L’, first Hill number), (2) raw
taxonomic diversity (taxon numbers), (3) raw abundances (as density), (4) community
composition metrics (proportions of taxa abundances), (5) metrics describing ecosystem
function of the observed community (related mostly to feeding ecology or hydromorpho-
logical niches), (6) metrics quantifying sensitive taxa, (7) metrics describing phenology, (8)
metrics describing reproductive strategies, and (9) metrics quantifying neozoa.

5. Catalogue of Modules and Metrics
5.1. Saprobic Indices

Saprobic indices (SI) were developed early on and are amongst the oldest approaches
used to assess the status of aquatic ecosystems. They are based on the niche spaces occupied
by different taxa, which can be expressed in ecological competence/preference points that
serve as taxon-specific indicator values. These reflect the occurrence probability of indicator
taxa along an ecological gradient of organic load, and, to a lesser degree, hydromorphology.
Indicator values are available for a range of taxa, including not only benthic invertebrates
but also aquatic flora. SIs are calibrated according to the ecological gradient observed
in a specific region and describe the fit of the observed community to specific saprobic
conditions; thus, various national adaptations of indicator values exist. SIs are currently
used in seven national systems for rivers and large rivers each, but not in lakes. The most
commonly used approaches were introduced by Pantle and Buck [18] (hereafter referred to
as SIPB) and Zelinka and Marvan [22] (SIZM). SIPB uses abundance of genus-level identified
BQE in combination with taxon-specific indicator values to infer a saprobic index. SIPB is
used in two river and two very large river ESCATs. By contrast, SIZM relies on species-level
identification and indicator weights in addition to indicator values for each taxon and
integrates these values with the observed abundances to infer a saprobic index. SIZM is
used in six river and five very large river ESCATs. In both approaches, the observed SI is
related to threshold values to infer a saprobic quality class or an ecological quality ratio
based on saprobic conditions.

5.2. General Degradation Indices

General degradation indices (GDIs) follow the same principles as SIs, i.e., taxon-
specific indicator values are developed based on occurrence of taxa along a disturbance
gradient. The most commonly applied GDIs are the BMWP and the ASPT indices that
rely on family-level identification of indicator taxa and require no abundance data [20,21].
This makes for a rapid and versatile application of these indices possible but comes with a
trade-off concerning specificity and accuracy. Regionally specific GDIs were developed and
calibrated to detect human-induced impairment with greater efficacy. National variants of
river GDIs that comprise waterbody type-specific variants and threshold values exist in
Austria, Belgium (Flanders), France, Germany, Greece, and Slovenia; adaptations of the
French GDI are also used in other countries.

BMWP and ASPT: The Biological Monitoring Working Party and the Average Score
Per Taxon indices are based on occurrence of families of benthic invertebrates. For each
family, the assigned indicator value reflects occurrence probability in minimally disturbed
or, ideally, pristine conditions. The BMWP is calculated as the sum of all indicator values
and the ASPT is calculated as the BMWP value divided by the number of scoring (observed)
families. The ASPT is used in 13 river, four very large river and six lake ESCATs, while the
BMWP is used in three river, and two very large river and lake ESCATs each.
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National GDIs: National GDIs can emulate the BMWP/ASPT approach but may also
have higher specificity for particular water body types and may also include information
on abundances of benthic invertebrates. Effectively, the various national GDIs follow the
same principle in assigning indicator values to sets of taxa associated with specific habitat
conditions, but usually rely on higher taxonomic resolution. GDIs are usually calibrated
to detect impairment of habitats rather than specific stressors; an exception are the GDIs
employed in Slovenia and Croatia, that specifically take hydromorphological alteration
into account [26].

5.3. Synopsis of Single Metrics Used as Benthic Invertebrate Community Descriptors

Diversity indices are calibrated against reference conditions for use in biomonitoring.
To this end, communities at sites along a disturbance gradient are sampled and their alpha
diversity described by means of a diversity index. Margalef’s index (D’) [23,27], Shannon
diversity (H’) [24,27], and the corresponding Evenness (L’) calculated as a derivative of
Shannon diversity [27], are most commonly used. Alternatively, the First Hill Number
calculated as the exponential function of Shannon diversity may be used. Calculation of
diversity indices should be based on species-level identification and properly assessed
abundances. Diversity indices follow different functions, according to their construction:
Margalef’s index follows a relatively linear function, while Shannon diversity follows a
logarithmic function (but can be linearized by calculating its exponential function, as is
done for the First Hill Number). For ESC estimation in rivers, Shannon diversity is most
commonly used (7 ESCATs), followed by Margalef’s index (4 ESCATs), and Evenness (2
ESCATs). Very large river methods may rely on Shannon diversity (4 ESCATs), Margalef’s
Index (1 ESCAT) or Shannon diversity computed based on a preselected set of sensitive
EPT-taxa (1 ESCAT). In lakes, Shannon diversity is used in 10 ESCATs, Simpson’s and
Margalef’s index in one ESCAT each and the First Hill Number in two ESCATs.

Raw taxa numbers (taxon richness) may be employed in addition to or as an alternative
to diversity indices. Here, total diversity is expressed as number of taxa at a predefined
taxonomic resolution encountered at a designated sampling site. Further, the number of
taxa recorded in one or several groups can be used as metric. To this end large-bodied
taxa are selected, and their diversity recorded at predefined taxonomic levels. Usually,
number of Ephemeroptera, Plecoptera, Trichoptera, Diptera, Coleoptera, Bivalvia, Odonata,
Oligochaeta, Gastropoda, or Chironomidae (a group of Diptera) taxa are employed, either
singly or in combination. Combinations of taxa are constructed to indicate ecosystem
integrity or impairment, and to make the metric more robust to changes in community
composition. The number of bioindicator taxa encountered at a site usually reaches its peak
in pristine or minimally disturbed conditions where microhabitat diversity and structure
are unperturbed. Typically sets of taxa are summarized to obtain values, including the
following metrics:

• Total taxa number (NTaxa): Total number of taxa found in a sample; used in 18 river,
six very large river and 10 lake ESCATs.

• Number of Diptera, Ephemeroptera, and Plecoptera taxa (NDEP): used in a single
river ESCAT.

• Number of Ephemeroptera and Plecoptera taxa (NEP): used in two river ESCATs.
• Number of Ephemeroptera, Plecoptera, and Trichoptera taxa (NEPT): used in 13 river,

four very large river and two lake ESCATs.
• Number of Ephemeroptera, Plecoptera, Trichoptera, Coleoptera, Odonata, and Bi-

valvia taxa (NEPTCOB): used in three river, one very large river and two lake ESCATs.
• Number of Trichoptera taxa (NT): used in one river ESCAT.
• Number of Ephemeroptera, Trichoptera and Diptera taxa (NETD): used in one river ESCAT.
• Number of Ephemeroptera, Trichoptera, and Odonata taxa (NETO): used in one

lake ESCAT.
• Number of Ephemeroptera, Plecoptera, Trichoptera, Bivalvia, and Odonata taxa

(NEPTBO): used in one lake ESCAT.
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• Number of Coleoptera, Ephemeroptera, and Plecoptera taxa (NCEP): used in one
lake ESCAT.

• Number of Crustacea and Insecta taxa (NCruIns): used in one lake ESCAT.
• Number of Chironomidae taxa (NChir): used in one river and one lake ESCAT.

Composition of the bioindicator community is an important metric, and usually fo-
cuses on sets of indicator taxa. These usually are the same relatively large-bodied taxa
as targeted for a taxa-numbers metric, due to their relatively predictable occurrence in
pristine/minimally disturbed or degraded conditions. In most cases community composi-
tion metrics are constructed taking abundances into account (either as raw abundances or
abundance classes), so that proportions of indicator groups are compared. The response of
this metric is a shift in proportions of taxa along a disturbance gradient and is assessed
by calculating proportions that sets of taxa contribute to a particular benthic invertebrate
taxa community.

• Proportion of Ephemeroptera, Plecoptera, and Trichoptera specimens (PEPT): used in
nine river, two very large river, and one lake ESCAT.

• Proportion of Oligochaeta and Diptera specimens (POD): used in one river ESCAT.
• Proportion of Oligochaeta and Chironomidae specimens (POCh): used in one river and

very large river ESCAT each.
• Proportion of Oligochaeta specimens (POl): used in one very large river and lake

ESCAT each.
• Proportion of Ephemeroptera, Trichoptera, and Diptera specimens (PETD): used in

two river ESCATs.
• Proportion of Ephemeroptera, Trichoptera, Plecoptera, and Diptera specimens (PEPTD):

used in four river and one very large river ESCATs.
• Proportion of Ephemeroptera, Heteroptera and Plecoptera specimens (PEHP): used in

one river ESCAT.
• Proportion of Crustacea and Hirudinea (PCrHi): used in one river ESCAT.
• Proportion of Crustacea specimens (PCr): used in one river ESCAT.
• Proportions of Trichoptera and Plecoptera specimens (PTP): used in one river ESCAT.
• Proportions of Ephemeroptera and Trichoptera specimens (PET): used in one lake ESCAT.
• Proportion of Ephemeroptera, Plecoptera, Trichoptera, Coleoptera, and Diptera speci-

mens (PEPTCD): used in two river ESCATs.
• Proportion of Diptera specimens (PD): used in one river ESCAT.
• Proportion of Plecoptera specimens (PP): used in one river ESCAT.
• Proportion of Trichoptera specimens (PT): used in one river ESCAT.
• Proportion of Odonata specimens (PO): used in three lake ESCAT.
• Proportion of Gastropoda (PG): used in one lake ESCAT.
• Proportion of Orthocladiinae (POrCh): used in one lake ESCAT.
• Proportion of Chironomidae (PChir): used in one lake ESCAT.
• Proportion of Chironomini (PChi): used in one lake ESCAT.
• Proportion of Gastropoda, Oligochaeta, and Diptera specimens (PGOlD): used in three

river ESCATs.
• Proportion of dominant taxa (PDom): used in one river ESCAT.
• Proportion of neozoa (PNeo): used in one lake ESCAT.
• A beta-diversity index to quantify differences in community composition: the Bray-

Curtis dissimilarity (βBray-Curtis) is used in two river ESCATs to characterize how well an
observed benthic invertebrate fauna community and the reference community match.

Functional metrics based on benthic invertebrate assemblages are less frequently
considered in EU assessments, and when used usually focus on feeding ecology or the hy-
dromorphological niche of an observed community. Specific indices have been developed
to describe integrated feeding guilds, but also simple proportions of single feeding types
(e.g., predators) are used. Proportions of feeding guilds are assumed to follow a specific
succession along the river continuum, and deviation therefrom can be quantified as signal
of human impact. In particular, deviations in the proportions of feeding guilds may relate
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to organic input, increased sediment load, or changes in hydromorphology. Bioindicator
communities likewise assemble according to natural hydromorphological gradients along
rivers, where sections typically exhibit dominance of certain taxa. Quantifying changes
in these dominance patterns can support identification of pressures related to hydromor-
phological alterations. In particular, functional metrics can be grouped in feeding guild
metrics, hydromorphology metrics, life cycle metrics, and sensitive taxa metrics:

1. Feeding guild metrics take prevalence of certain feeding strategies of benthic inverte-
brate assemblages into account and include:

• Rhithron feeding type index (RETI) [28]: proportion of grazer and shredder taxa
in the total share of specimens of grazer, shredder, filter-feeding and detritvorous
taxa; used in four river and two very large river ESCATs.

• Proportion of predators (PPre): share of specimens of predatory taxa; used in one
river ESCAT.

• Proportions of grazers (PGra): share of specimens of grazer taxa; used in one
river ESCAT.

• Proportions of detritivorous taxa (PDet): Share of specimens of detritivorous taxa
(feeding on detritus); used in one river and one lake ESCAT.

• Proportions of gatherers (PGat): share of specimens of gathering taxa (feeding on
benthic fine particulate organic matter); used in two lake ESCATs.

• Proportion of xylal-feeding, shredder, active filter feeders and passive filter
feeders (PXSAP): share of specimens of xylal-feeding taxa (i.e., taxa feeding on
wood), shredder taxa, active filter feeders (feeding on fine particulate organic
matter that is actively filtered from the water body), and passive filter feeders
(feeding on fine particulate organic matter that is passively filtered from the
water body); used in one river ESCAT.

2. Hydromorphological metrics assess prevalence of taxa occupying distinct hydromor-
phological niches and include the following metrics:

• Rheo-Index (Rheo): share of rheophilic and rheobiont taxa in the total number
of rheophilic, rheobiont, stagnophilic, stagnobiont, and ubiquitous taxa; used in
two river ESCATs.

• Longitudinal Zonation Index (LZI) [29]: analogous to the SI where calculation
may follow Pantle and Buck [17] or Zelinka and Marvan [22]—describes the
fit of the observed community to particular hydromorphological conditions by
using taxon-specific ecological competence/preference points that describe the
occurrence probability of a taxon along a hydromorphological gradient from
spring to estuary; used in three river and two very large river ESCATs.

• Potamon-Typie Index (PTI) [30]: describes how strongly an observed benthic
invertebrate assemblage deviates from an expected near-natural or minimally
disturbed state in large and very large rivers based on taxon-specific indicator
values; used in one very large river ESCAT.

• Proportion of littoral taxa (PLit): share of specimens of littoral associated taxa
(i.e., taxa inhabiting the littoral zone of lakes); used in three river ESCATs.

• Proportions of rheophilic taxa (Prheo): share of specimens of rheophilic taxa (i.e.,
taxa associated with lotic habitats); used in two river ESCATs.

• Proportions of limnophilic taxa (PLimno): share of specimens of limnophilic taxa
(i.e., taxa associated with lentic habitats); used in two river and 1 very large
river ESCATs.

• Proportion of epipotamal taxa (PEpP): share of specimens of epipotamal-associated
taxa; used in one very large river ESCAT.

• Proportion of epirhithral taxa (PEpR): share of specimens of epirhithral-associated
taxa (i.e., taxa occurring predominately in epirhithral sections); used in one
river ESCAT.
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• Proportion of metarhithral taxa (PMeR): share of specimens of metarhithral-
associated taxa (i.e., taxa occurring predominately in metarhithral sections; used
in two river ESCATs.

• Proportion of hyporhithral taxa (PHyR): share of specimens of hyporhithral-
associated taxa (i.e., taxa occurring predominately in hyporhithral sections); used
in one river ESCAT.

• Proportion of akal-inhabiting, littoral and psammal-inhabiting taxa (PALP): share
of specimens of akal-inhabiting, littoral or psammal-inhabiting taxa; used in one
river and four very large river ESCATs.

• Proportion of lithal-inhabiting taxa (PLith): share of specimens of lithal-inhabiting
taxa; used in one river and one lake ESCAT.

• Proportion of pelal-inhabiting taxa (PPel): Share of specimens of pelal-inhabiting
taxa; used in one river ESCAT.

3. Life cycle metrics targeting phenology of mostly aquatic insect taxa focus on the
proportion of univoltine (reproducing only once in a year) to polyvoltine (reproduc-
ing several times during a year) taxa. Additionally or alternatively, proportions of
taxa following different reproductive strategies (r- or K-selected taxa) can provide
information about the status of a waterbody. Metrics based on phenology and life
cycle strategies include:

• Proportions of univoltine and polyvoltine taxa (Pupv): used in one river ESCAT.
• Proportion of ovoviviparous taxa (Povp): used in one river ESCAT.
• Proportion of r- and/or K-selected taxa (Pr-strat, Pr/K-strat): used one river and

two lake ESCATs.

4. Sensitive taxa metrics are based on presence or abundance of sensitive taxa and rely
on an a priori definition of sensitive taxa, according to the corresponding system
and pressures. Here, presence/abundance of sensitive taxa can be calibrated to
indicate impairment of an ecosystem. Either numbers of taxa or proportions of taxon
abundances can be used. Metrics of this type are obtained by summing taxon richness
in the respective categories or calculating proportions of sensitive taxa abundance
and include:

• Number of sensitive taxa (NSens): used in four river, one very large river and one
lake ESCAT.

• Number of sensitive Ephemeroptera, Plecoptera, and Trichoptera taxa (NSens(EPT)):
used in one river ESCAT.

• Proportion of sensitive taxa (PSens): used in three river and one very large
river ESCATs.

• Number of typical taxa (NTyp): used in one river ESCAT.
• Proportion of typical taxa (PTyp): used in one river ESCAT.
• Proportion of positive or negative taxa (PPos; PNeg): used in one river, one very

large river and one lake ESCAT each.
• Species-at-risk (SPEAR) by organic pollution: used in one very large river ESCAT.

6. Comparing ESCATs between Countries Based on the Most Frequently Used
Modules and Metrics

In rivers, the most commonly used modules for organic pollution or general degra-
dation comprise the SIZM, and the ASPT and BMWP. Among diversity indices, Shannon
diversity is used most often in river ESCATs, followed by Margalef’s index. Taxonomic
diversity is usually assessed based on taxonomic richness and EPT richness metrics. Pro-
portions of EPT taxa are also frequently used as a community composition metric. The most
frequently used feeding guild metric is the RETI; the corresponding hydromorphological
metrics are the LZI and PLit. Further, the number of sensitive taxa is commonly used in
river ESCATs.

10



Water 2021, 13, 346

In (very) large rivers, a very similar set of modules and metrics are frequently used:
the SIZM, the ASPT, Shannon diversity, overall taxonomic richness, and EPT richness as
well as proportion of EPT taxa and the LZI. Additionally, proportions of Oligochaeta for
community composition metrics and proportions of akal-, littoral-, and psammal-inhabiting
taxa as hydromorphological metrics are used.

In lakes the most frequently used metrics differ slightly. Similar to river assessments,
ASPT and BMWP are used as well as Shannon diversity, Margalef’s Index, and taxonomic
richness. However, lake assessments also frequently use proportions of Odonata, gatherers
and may include proportions of r-selected and K-selected taxa.

In an attempt to generalize patterns of river ESCAT construction, we propose that,
based on these patterns, four main groups can be distinguished: First, ESCATs relying
exclusively on decision tables as used in Bulgaria, Ireland, Luxembourg, and Denmark.
Second, ESCATs using a single module only as currently used in Norway, Spain, or Greece.
Third, ESCATs relying on a combination of modules and metrics comprising at most the
ASPT or a similar index, Shannon diversity, taxonomic richness and EPT richness and few
if any other ecological metrics. ESCATs of the third group are used to assess river ecological
status in Norway, Spain, Belgium (Wallonia), Belgium (Flanders), Latvia, Lithuania, Estonia,
Cyprus, Italy, Poland, Portugal, and France. Fourth, ESCATs extensively using ecological
metrics or pursuing altogether different strategies are used in ecological status assessments
of rivers in Spain, Romania, Sweden, Slovakia, Croatia, Slovenia, Germany, the Czech
Republic, and Austria. In this group, distinct indices were often developed to account for
large ecological gradients represented by many different river types.

Concerning (very) large rivers and lakes, making coarse generalizations is challenging.
Similarities of ESCATs exist, and in some cases (e.g., Austria and Slovenia) the same ESCATs
are used, but the diversity of approaches developed for these systems as compared to river
ESCATs is much greater.

7. Advantages of Different Module and Metric Types

The ways modules and metrics are defined follow different philosophies [10,11].
Modules and metrics can either be designed to allow for a rapid and robust assessment of
an ecosystem, or to detect specific stressors that are particularly relevant for a habitat or set
of habitats at high resolution to simplify management decisions.

For instance, fast and versatile application, reflected in coarse taxonomic resolution
and limited integration of ecological parameters, may be favored over other more resource
demanding approaches. Modules such as the ASPT or the BMWP are prime examples for
this approach, as they do not require abundance data, are based on family-level taxonomic
resolution, and can readily be applied to a broad spectrum of aquatic habitats [20,21,31].
Due to the ease of use, definition of ESC boundaries and establishing reference conditions
can be speedily undertaken in typology-based approaches for estimating reference condi-
tions. However, it should be noted that model-based estimates of reference conditions can
outperform typology-based approaches if typology classification is not biologically mean-
ingful [32–35]. Likewise, metrics based on taxon richness are robust and easily adopted [36].
Depending on the focal indicator taxa group, taxon richness may either decrease (e.g., total
number of taxa, number of EPT taxa) or increase (e.g., number of Diptera taxa) with increas-
ing stressor impact (e.g., [11,37,38]). However, they cannot be trained to a particularly high
specificity when using coarse taxonomic resolution—if deviating from the reference bench-
mark their informativeness concerning the stressor is relatively limited [39–41]. Therefore
such modules and metrics can be important tools when establishing ecological status of
a hitherto unassessed habitat or when ESC estimation is to be conducted under resource-
limited conditions. However, an ordination or modelling-based approach to a priori define
reference conditions (and select metrics and modules) usually provides better resolution
than the simple use of a taxonomically coarse index such as ASPT [42–46].

Diversity indices and community composition metrics take an intermediate position
between rapid and high-resolution modules and metrics, requiring abundance or relative
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abundance data but not ecological information for metric calculation [44]. Both approaches
quantify shifts in proportions of taxa under stressor impact that stem from differences
in niche space occupied by individual taxa—resulting in clear deviance from reference
conditions. In particular changes in the relative abundance of taxa associated with specific
habitat conditions can be used to identify habitat modification. For instance, an increase
in the relative abundance of Oligochaeta and Diptera may indicate an accumulation of
fine sediments and organic matter at a sampling site [47]. Conversely, a decrease in the
proportion of, e.g., Ephemeroptera, Plecoptera, and/or Trichoptera taxa may signal habitat
homogenization (i.e., a man-made simplification of habitat conditions resulting in the loss
of microhabitats), changes in food resource composition, or organic pollution [41,47–49].

Alternatively, modules and metrics may aim at resolving stressor impact at a high level
of detail and focus on ecological characteristics of indicator species as well as abundance. As
concerns modules, type-specific GDIs are especially useful for detecting and characterizing
impairment on rivers but have not yet been established for lakes. Precisely calibrated GDI
modules are highly relevant in many river ESCATs, and often are key in detecting stressor
impact. Further, SIs are robust at quantifying the degree of anthropogenic organic load in
rivers and can be calibrated to a high degree of specificity and accuracy [37]. Using SIs
for ESC estimation in lakes is not as common, mostly because lake assemblages do not
respond predictably to organic pollution (potentially due to a relatively greater proportion
of benthic invertebrate taxa breathing atmospheric oxygen in these habitats) [17,50]. Other
ecologically based modules have been developed following the SI example with substantial
effort placed on acquiring the autecological characterization of species used as bioindicator
taxa—culminating in a database now detailing ecological preferences all major bioindicator
species [17]. The significance of such data for biomonitoring is tremendous: ecological
metrics such as the RETI, or proportions of certain feeding guilds or taxa associated
with specific hydromorphological conditions are widely used and enable differentiation
of stressors [39,46,49]. In combination with properly defined reference conditions these
high-resolution modules and metrics can be used to detect impact of organic pollution,
hydromorphological alteration, or changes in land use relating to allochthonous matter
input (e.g., large woody debris) [41,48,51,52]. In addition, metrics focusing on phenology
of aquatic insects or reproductive strategies of the bioindicator communities can be used
to assess long-term stability of an ecosystem and can be calibrated to detect impact of
unrecorded disturbance events or the relatively slow response to climate change [53,54].

Ultimately, all of these different approaches have their advantages: either by providing
rapid and easy assessment options or by providing precise information on the prevalent
stressors. From a management perspective, both qualities are desirable and support
decision-making. In light of the growing body of evidence for the complex interplay of
multiple stressors in aquatic ecosystems [55–57], having precise information may, however,
finally prove more important than getting that information quickly.

8. The Way Forward, Part 1: Improving ESC Assessment

To construct ESCATs, a combination of both rapid and high-resolution modules and
metrics can be selected. Usually, however, only one of the two approaches is followed
because of national assessment traditions and ambitions. A significant challenge for ESC
assessment is the combination of multiple stressors, that all exert—in function of their
combination and magnitude—distinct roles in different habitats [58,59]. In addition to
this challenge, many of the currently used ESCATs lack information on stressor-response
relationships, and thus may fail to identify stressors, or accurately rank stressor impor-
tance [59,60]. This is particularly true for rapidly applied modules and metrics with a long
history of use and impedes designing and implementing best management measures. Im-
proving ESC assessment will therefore require a shift towards modules and metrics based
on ecological characteristics of the bioindicator communities as well as calibration of new
and better ESCATs targeting the most important stressors [6,61,62]. Indeed, many of the
currently used ESCATs were designed to depict impact of organic pollution—which, due to
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the implementation of the EU Directive on Urban Wastewater Treatment (91/271/EEC) and
the WFD, in large areas of Europe no longer is the most pressing stressor—and do not cover
emerging or multiple stressors including pollution by microplastics [6,61–64]. Naturally,
assessment systems need to be adapted to reflect environmental changes brought about by
the prevalent stressors. For aquatic ecologists, this is the Red Queen’s race of ecosystem
management: timely providing such tools as may serve to maintaining the integrity of
ecosystems at a certain stage of societal development.

9. The Way Forward, Part 2: Development of Future Biomonitoring Tools

Improving ESC assessment can only be achieved by calibrating ESCATs to detect
stressors and quantify the magnitude of their impact on aquatic ecosystems. An especially
promising approach for this purpose is offered by the integration of modern molecular
tools, such as DNA metabarcoding, in ESC assessment—effectively the implementation of
biomonitoring 2.0 [65,66].

Implementing novel tools like DNA metabarcoding will require adapting novel ES-
CATs. This is because DNA metabarcoding and other molecular techniques cannot deliver
the exact same data on BQE communities as is currently used for assessment [67,68].
At present, for benthic invertebrates taxa lists at various levels of taxonomic identifica-
tion are used in connection with (mostly) abundance data. The standard sampling and
assessment protocols allow for establishing an area-standardized estimate of the taxon
richness and individuals at a sampling site to produce a taxa x abundance matrix. Based
on these data, community composition and abundance can be described and compared to
reference conditions.

A generic biomonitoring 2.0 workflow can make use of samples obtained following
these sampling protocols but may also be applied to environmental samples [69]. In the
latter case, no voucher material is available for later quality control. Standard samples
may be sorted to obtain the specimens, or preservative ethanol may be decanted and
filtered to obtain material for DNA extraction. Following DNA extraction, PCR or a bait-
capture approach may be used to enrich and subsequently sequence target gene fragments
using high-throughput sequencing (HTS). Next, bioinformatic analyses deconstruct the
sequencing raw data (usually containing several replicates of each sample) into molecular
operational taxonomic units (MOTUs; groups of sequences derived by, e.g., a threshold-
based approach that are treated as taxa) that can be assigned to true taxa by use of reference
libraries. MOTUs assigned to the same true taxon can then be summarized, and the number
of individual HTS reads combined to allow for an estimate of taxon-specific read numbers
in the sample.

Throughout such a biomonitoring 2.0 workflow, critical and well-founded decisions
must be made to adopt the most suitable molecular and bioinformatic methods to control
potential sources of error, and to reliable and repeatable generate data for ESC assessment.
Still, some limitations of molecular methods remain: molecular methods do not produce
abundance data that is identical to that used in existing ESCATs, and often only deliver
occurrence data with reasonably high plausibility. Due to stochastic and choice-induced
processes, also taxa lists produced by molecular methods are not identical to those delivered
by the currently used standard methods [70–73].

Acknowledging these differences between standard and molecular data, we expect
that some modules and metrics may still be used in a biomonitoring 2.0 framework fol-
lowing re-calibration (i.e., re-definition of reference conditions using molecular data). This
is particularly pertinent to taxa number metrics, and modules using occurrence data only
such as various GDIs. Stringent re-definition of reference conditions and module and
metric re-calibration will be necessary for other metrics, particularly for such as integrating
ecological characteristics of bioindicator taxa in assessment. The list of the most frequently
used modules and metrics presented here may serve as target to optimize performance of
molecular tools for use in biomonitoring.
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However, as at the same time ecological status class assessment is developed (e.g., [74]),
the purpose of biomonitoring 2.0 should rather be to develop a comprehensive novel
toolbox to win the Red Queen’s race of ecosystem management instead of trying to follow
in the same steps.
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Abbreviations

ADISE Swedish Acidification Index
βBray-Curtis Bray–Curtis dissimilarity
D Simpson’s Index
D’ Margalef’s Index
FGI Functional Group Index
GDIABCO Spanish general degradation index for lakes
GDIASPT Average Score Per Taxon index
GDIASPT-I Iberian Average Score Per Taxon index
GDIAUT Austrian general degradation index
GDIBE Belgian (Flanders) general degradation index
GDIBmodel Czech general degradation index
GDIBMWP Biological Monitoring Working Party index
GDIBMWP-I Iberian Biological Monitoring Working Party index
GDIBQIES Benthic Quality Index, Italian general degradation index
GDIDSFI Danish Stream Fauna Index
GDIEL Greek general degradation index
GDIGER German general degradation index, German Fauna Index
GDIGFI Groupe Faunistique Indicateurs, French/Belgian (Wallonie) general degradation index
GDIHR Croatian general degradation index
GDILFI Lake Fauna Index, Slovenian general degradation index
GDIPICM Profundal Invertebrate Community Metrics, Finnish general degradation index
GDIPMA Percent Model Affinity, Finnish general degradation index
GDIrekoMEPT Czech general degradation index for very large rivers
GDISE Swedish general degradation index (Dahl-Johnson index)
GDISL Slovenian general degradation index
H’ Shannon diversity
L’ Evenness; LAOl—Natural logarithm of Oligochaeta abundances
ln(H’) First Hill number
LZI Longitudinal Zonation Index
NCEP Number of Coleoptera, Ephemeroptera and Plecoptera taxa
NChir Number of Chironomidae taxa
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NCruIns Number of Crustacea and Insecta taxa
NDEP Number of Diptera, Ephemeroptera and Plecoptera taxa
NEP Number of Ephemeroptera and Plecoptera taxa
NEPT Number of Ephemeroptera, Plecoptera and Trichoptera taxa
NEPTCOB Number of Ephemeroptera, Plecoptera, Trichoptera, Coleoptera,

Odonata and Bivalvia taxa
NETD Number of Ephemeroptera, Trichoptera and Diptera taxa
NETO Number of Ephemeroptera, Trichoptera and Odonata taxa
NSens Number of sensitive taxa
NSens(EPT) Number of sensitive EPT taxa
NT Number of Trichoptera taxa
NTaxa Total taxa number
PALP Proportion of akal-inhabiting, littoral and psammal-inhabiting taxa
PChi Proportion of Chironomini specimens
PChir Proportion of Chironomidae specimens
PCOP Proportion of Coleoptera, Odonata and Plecoptera specimens
PCr Proportion of Crustacea specimens
PCrHi Proportion of Crustacea and Hirudinidae specimens
PD Proportion of Diptera specimens
PDet Proportion of detritivorous taxa (entails collectors and gatherers)
PDomFam Proportion of specimens of dominant families
PE Proportion of Ephemeroptera specimens
PEHP Proportion of Ephemeroptera, Heteroptera and Plecoptera specimens
PEpP Proportion of epipotamal-associated taxa
PEpR Proportion of epirhithral-associated taxa
PEPT Proportion of Ephemeroptera, Plecoptera and Trichoptera specimens
PEPTCD Proportion of Ephemeroptera, Plecoptera, Trichoptera,

Coleoptera and Diptera specimens
PEPTD Proportion of Ephemeroptera, Plecoptera, Trichoptera and Diptera specimens
PET Proportion of Ephemeroptera and Trichoptera specimens
PETD Proportion of Ephemeroptera, Trichoptera and Diptera specimens
PG Proportion of Gastropoda specimens
PGat Proportion of gathering taxa
PGOlD Proportion of Gastropoda, Oligochaeta and Diptera specimens
PHyR Proportion of hyporhithral-associated taxa
PLimno Proportion of limnophilic taxa
PLit Proportion of littoral-associated taxa
PLith Proportion of lithal-associated taxa
PMeR Proportion of metarhithral-associated taxa
PNeg Proportion of «negative» taxa
PNeo Proportion of Neozoa specimens
PO Proportion of Odonata specimens
POCh Proportion of Oligochaeta and Chironomidae specimens
POD Proportion of Oligochaeta and Diptera specimens
POl Proportion of Oligochaeta specimens
POrCh Proportion of Orthocladiinae (Chironomidae) specimens
Povp Proportions of ovoviviparous taxa
PP Proportion of Plecoptera specimens
PPel Proportions of pelal-inhabiting taxa
PPos Proportions of «positive» taxa
PPre Proportions of predators
Pr-strat Proportions of r-selected taxa
Pr/K-strat Proportions of r- and K-selected taxa
PRheo Proportions of rheophilic taxa
PSens Proportions of sensitive taxa
PT Proportion of Trichoptera specimens
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PTI Potamon-Typie Index
PTP Proportion of Trichoptera and Plecoptera specimens
PTyp Proportions of typical taxa
Pupv Proportions of uni- and polyvoltine taxa
PXSAP Proportions of xylal-feeding, shredder, active filter feeders and passive filter feeders
Q-Value Q-Value tables
RETI Retention Feeding Type Index
Rheo Rheo Index
SIPB Saprobic Index sensu Pantle and Buck
SIZM Saprobic Index sensu Zelinka and Marvan
SPEARorganic Species-at-risk by organic pollution
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Abstract: The Water Framework Directive (WFD) aims to monitor continental water bodies in
Europe to achieve good ecological status. Indexes based on biological quality elements (BQEs),
ecotoxicological tests, and chemical characterizations are commonly used with standardized protocols
to assess sediment quality and the associated risks. Here, we compare the results of quality assessment
of benthic macroinvertebrates as BQEs as required by the WFD with the results of ecotoxicological tests
and assessment of selected persistent organic pollutants (POPs) in sediments of the same eight water
bodies in Italy. The aim was to verify if the assessment of quality through macroinvertebrates through
POPs analyses and ecotoxicological tools can yield comparable, overlapping, or complementary results.
We used the Benthic Quality Index (BQIES) for macroinvertebrates (two different applications), legacy
POPs (dichloro-diphenyl-trichloroethane and metabolites (DDTs) and polychlorinated-biphenyls
(PCBs)), and the emergence ratio (ER) and development rate (DR) for ecotoxicology. The results
showed that the two indices within each approach were highly correlated, but between approaches,
each result can lead to a completely different scenario, with rather different results of the assessment
of ecosystem quality. The most striking result was that very few significant correlations existed
between sediment quality assessment through macroinvertebrates and the risk assessment through
analyses of micropollutants and ecotoxicological tests. The highest absolute r-value (0.81) was for the
correlation between the BQIESbottom index and PCBs for micropollutants, whereas all other pairwise
comparisons between indices had r-values ranging between 0.07 and 0.53. Our analysis calls for a
caveat in the blind application of one or only a few indices of water/sediment quality, as the results of
a single index may not represent the complexity of a freshwater ecosystem.

Keywords: biological quality element; chemical analysis; Chironomus riparius; DDTs; legacy
contaminants; PCBs; POP; standard ecotoxicological tests; Water Framework Directive

1. Introduction

The Water Framework Directive (WFD—Directive 2000/60/EC) of the European Community has
the aim of achieving a good qualitative ecological status for all types of water bodies in Europe.
The importance of this piece of legislation is that water is considered as an exhaustible resource to be
protected, emphasizing the role of aquatic ecology in management decisions. Several implementations
of monitoring and assessment methods across Europe have been developed [1–4]. The evaluation of
water quality within the WFD requires an integrated approach based on the use of specific biological
metrics and on analyses of chemical compounds and hydro-morphological conditions [5].
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Regarding biological indices, the composition and characteristics of the living communities of
European waters are used as a primary focus to assess the quality of lakes and rivers as a whole. Several
biological metrics using biological quality elements (BQEs) were set up by different European countries
to address different risks [1,6–9], trying to harmonize classification systems across Europe. Regarding
lakes, in Italy, the Benthic Quality Index (BQIES) was developed and implemented considering
eutrophication as the main pressure [10,11], because of its importance in the national territory, given
that nearly 41% of the Italian lakes are eutrophic [12]. The BQIES is based on detailed taxonomical
identification on macroinvertebrates, mostly at the species level [13].

Regarding the chemical assessment of lake sediments within the WFD, this has to be performed
with legally binding Environmental Quality Standards (EQSs) for selected chemical pollutants, known
as priority substances, of EU-wide concern [14]. These include persistent organic pollutants (POPs)
such as dichloro-diphenyl-trichloroethane and metabolites (DDTs) and polychlorinated-biphenyls
(PCBs). A well-known chemical constrain can be the fact that not all potentially dangerous substances
can be assessed, such as PCBs for which there are no EQSs yet. Moreover, chemical analyses of these
substances are not always straightforward considering that contaminants are often present in the
environment in mixtures [15].

An additional environmental test that is not yet included in the WFD involves the use of laboratory
bioassays that involve a direct combination of chemistry (i.e., pollution) and biology (i.e., effect on
living organisms). Laboratory ecotoxicology bioassays could evaluate the potential risk of toxic
substances in the benthic environment, even without identifying the substances themselves [16],
bypassing the impediment of the current implementation of the WFD, which does not include all
potentially dangerous substances. These bioassays involve direct toxicity assays of environmental
samples that are transferred to the laboratory and analyzed for toxicity against selected organisms [17].
Such samples contain the combination of the different pollutants present in situ and enable factors
such as the bioavailability of contaminants and their interactions (synergistic and antagonistic) to be
simultaneously studied (see [18] for more details).

The aim of the present paper was to compare the results of quality assessment of lakes obtained
using different methods. Analyses of macroinvertebrates and analyses of organic pollutants according
to the Italian standards of the WFD were compared with the results of security assessments obtained
through ecotoxicological bioassays in the laboratory using sampled sediments according to standard
guidelines with larvae of the chironomid midge Chironomus riparius. The purpose of the present study
was to assess whether the three approaches (biological, chemical, ecotoxicological) provide similar and
overlapping results, or whether each of them will provide different results for different facets of water
quality and security.

2. Materials and Methods

2.1. Study Area

In all, eight natural and exploited lakes were selected as representative of the following aspects.

• Different weather and climate conditions, belonging to the Alpine (AL) and the Mediterranean
(ME) Ecoregions covering the typical Italian climate conditions.

• Different types according to the Italian classification system (WFD requests) (Table 1 [19]): six of
the eight lakes belong to the Alps and are in North-Western Italy (Piedmont region), the other two
lakes belong to the insular Italy (Sardinia region) (Figure S1); the analyzed lakes cover five groups
according to the national classification system in relation to their abiotic characteristics of altitude,
surface area, mean depth, and catchment geo-lithology.

• Different origin, with five lakes being natural (mainly of glacial origin) and three representing
the results of an artificial impoundment (reservoirs-Table S1). Also, different water uses are
represented: the alpine reservoir is used as hydro-power generation plant, and the Mediterranean
reservoirs as drinking water supplies.
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• Different trophic level covering a gradient from ultra-oligotrophic to eutrophic conditions.

Thus, given their differences, any consistent pattern when comparing the lakes can provide
supported information for reliable inference on the comparison between approaches in water quality
and security assessment.

2.2. Sampling Methodology

We followed the Italian national protocol for monitoring macroinvertebrates for the application of
BQIES [20]. In detail, water bodies were sampled in spring and autumn along transects connecting
littoral, sub-littoral, and bottom areas of each lake. For micropollutants and ecotoxicological
analyses, only the bottom area, where pollutants accumulate, was sampled and considered for
subsequent analyses.

For biological analysis, an area of 675 cm2 of sediment was sampled with a grab. The collected
samples were sieved in the field through a 250-µm mesh net, fixed with 5% formalin, and bottled.
Samples for micropollutants and ecotoxicological analyses were collected through the same grab. In
this case, all samples were brought to the laboratory for subsequent analyses and immediately frozen
for preservation.

2.3. Biological Assessment

In the lab, samples were sorted under a stereomicroscope, and specimens were separated into
main groups, identified to the species level, when possible, and counted. The identification manuals
were those in use at national and international level [21–23]. The Benthic Quality Index (BQIES) [24]
was applied to each sampling station to evaluate the lake ecological status. Spatial (littoral, sub-littoral,
and bottom) and temporal (spring and autumn) replicated samples were averaged to obtain a mean
annual value representing the whole lake ecological status classification according to WFD requests.
The BQIES is calculated based on the Shannon Diversity Index (SDI) corrected for the sensitivity values
(indicator weights) attributed to each species; it can take values between 0, indicating low biological
quality of the lake, and 1, indicating high quality near to the reference conditions [24]. Values of
BQIES were averaged for the whole lake assessment (BQIESall), or used as a separate value for the
bottom samples only (BQIESbottom) in different analyses, to allow a more direct comparison with
micropollutants and ecotoxicological indices.

2.4. POPs Assessment

For POP determination, extraction was performed from 1 g of the freeze-dried and homogenized
sediments in glass microfiber thimbles (19 mm internal diameter × 90 mm external length, Whatman,
Maidstone, England) for 2 h with 60 mL of n-hexane (Carlo Erba, Cornaredo, Italy, pesticide analysis
grade) using a modified Soxhlet apparatus (Velp Scientifica - ECO 6 thermoreactor).

Each organochlorine compound was recovered by several n-hexane washings and the extracts
were concentrated down to approximately 2 mL and passed through a Florisil column (4 cm × 0.7 cm)
with HCl-activated Cu powder (0.1 g) on the top. The Florisil column was eluted with 25 mL of
n-hexane-dichloromethane (Carlo Erba, Cornaredo, Italy, pesticide analysis grade) using an 85:15
(v/v) mixture, and the eluate was concentrated to exactly 0.5 mL. The purified extracts were analyzed
by gas-chromatography (GC Carlo Erba, Top 8000) coupled with a 63Ni electron capture detector
- ECD 80 (Carlo Erba, Cornaredo, Italy), heated at 320 ◦C, using an on-column injection system
(volume injected: 1 µL). The column was a Wall Coated Open Tubular Column fused silica CP-Sil-8 CB
(50 m × 0.25 mm, film thickness: 0.25 µm, Varian, Harbor city, CA, USA). The temperature program
used was as follows: from 60 ◦C to 180 ◦C at 20 ◦C·min−1, followed by a run from 180 ◦C to 200 ◦C at
1.5 ◦C·min−1; a further run was implemented from 200 ◦C to 270 ◦C at 3 ◦C·min−1, followed by a final
isothermal maintenance at 270 ◦C for 20 min, with helium as carrier gas (1 mL·min−1) and nitrogen as
auxiliary gas (30 mL·min−1).
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Quantification of DDT included 1,1-dichloro-2,2-bis (p-chlorophenyl) ethylene (pp′DDE),
1,1-dichloro-2,2-bis (p-chlorophenyl) ethane (pp′DDD), and 1,1,1-trichloro-2,2-bis (p-chlorophenyl)
ethane (pp′DDT) as congeners of DDT and was performed using the external reference standards
pp′DDE, pp′DDD, and pp′DDT (Pestanal, Sigma-Aldrich, Germany) in iso-octane (Carlo Erba, Italy,
pesticide analysis grade). Quantification of 21 PCBs was performed on PCB 28 + 31, PCB 52, PCB 95,
PCB 101, PCB 149 + 118, PCB 153, PCB 138, PCB 170, PCB 174, PCB 177; PCB 180; PCB 183, PCB 187,
PCB 194, PCB 201, PCB 203, PCB 195, PCB 206, PCB 209.

The detection and quantification limits of the method varied from 0.05 to 0.1 ng·g−1 d.w.
(dry weight) for DDTs and from 0.1 to 0.5 ng·g−1 d.w. for PCBs, depending on the organochlorine
compound. The recovery efficiency was tested on a reference sediment previously used in an
intercalibration exercise [25], and it was found to be within 80–100% for the DDTs and approximately
90% for each PCB congener. POPs data are presented as concentration per dry weight of the sediments
(ng·g−1 d.w.). For the assessment, we used two summary metrics: total concentration of the analyzed
DDT and total concentration of the analyzed PCB.

2.5. Ecotoxicological Assessment

The test organism Chironomus riparius Meigen 1804, of a strain maintained in the lab of the
University of Insubria, was bred at 21 ± 1 ◦C under daily photoperiod in 40 L aquaria with control
sediment (3 cm deep) as substrate. An 8 cm-deep column of dechlorinated tap water (hardness:
320 mg/L CaCO3) was maintained over the sediment. The cultures were fed weekly with 1 g TetraMin
fish food per tank, and the water was almost completely renewed every 2 months.

Bioassays were performed according to guideline 218 of the Organization for Economic
Cooperation and Development (OECD) [18]. One day before the addition of first-instar larvae,
250 mL glass beakers were filled with collected sediments that were previously sieved (500 µm); 3.5 mL
of a 4 g·L−1 water suspension of fish food, corresponding to 14 mg d.w. TetraMin, was put into each
beaker. The contents of the beakers were allowed to settle in the dark at 21 ± 1 ◦C for 24 h. Five
replicated beakers were prepared for each site, including the control (prepared following [18]). At the
start of the test, 10 first-instar larvae chosen at random were transferred to each beaker. Tests were
performed under a 16:8 h light:dark photoperiod for 10 days, with constant aeration. Every 3 days,
the larvae were fed with 3.5 mL TetraMin suspension, and the evaporated water was added. Dissolved
oxygen, pH and NH4+ were measured in all the beakers at t0 (beginning of the test) and at the end
of the test (tend) to verify standardized test conditions (Table S1). Every day all emerged adults were
counted. The exposure lasted at maximum 28 days.

The bioassay measured the total number of animals that emerged and their sex. More animals are
expected to emerge in samples with lower concentration of pollutants. The sum of midges emerged
per vessel was determined and divided by the number of larvae introduced (emergence ratio (ER))
and the mean time span between the introduction of larvae (day 0 of the test) and the emergence of
the experimental cohort of midges (development rate (DR)) was calculated. ANOVA (ANalysis Of
Variance) and Dunnet post hoc test [26] were used to assess differences between treatments and control.

2.6. Statistical Analyses

The main question was to assess whether and to what extent biological indices, micropollutant
indices, and ecotoxicological indices correlated between each other. To address this question, we
compared the biological indices for macroinvertebrates (BQIES) applied both to the entire lake and
only to the bottom area with the results of organic micropollutants (EQSs) for both total DDT and total
PCB, and from DR and ER bioassays on Chironomus riparius. BQIES values for each lake were obtained
by averaging the values for the different depths and different sampling seasons in the case of whole
lake assessment (BQIESall); BQIES values were also obtained only for bottom areas for assessment at
maximum depth (BQIESbottom); for micropollutants and ecotoxicological assessment, we used the data
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from the bottom samples. We performed the comparison using simple Spearman’s rank correlation
tests [26].

3. Results

3.1. Biological Assessment

Macroinvertebrates were represented by 12,483 individuals, divided in 136 taxa at the level
of species, genus, or family depending on the phylum (Annelida, Arthropoda, Mollusca, and
Plathyhelminthes) due to the presence of young-of-the-year organisms (see SM1 associated with [13]).

Oligochaetes and chironomids represented the most abundant groups, whose relative abundances
together constituted from 46% to 100% of each macroinvertebrate lake sampling station (Figure 1).

The BQIES index provided a whole lake assessment of the ecological status with values varying
between 0.52 in Lake Mergozzo and 0.22 in Lake Sirio (Table 1). Five lakes out of eight revealed values
below the 0.4-threshold fixed by Italian regulations to separate good and moderate status. The BQIES
applied only to the bottom samples showed values in the range between 0.004 (Lake Viverone) and
0.439 (Morasco reservoir); only the latter had good ecological status even in the deepest areas, whereas
the remaining lakes showed moderate (Posada reservoir) or bad bottom ecological status (the other
six lakes).
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3.2. Micropollutants Assessment

Total DDT concentrations ranged between 0.7 ng·g−1 d.w. in Morasco reservoir and 62.8 ng·g−1

d.w. in Lake Sirio; total PCB concentrations ranged between 2.2 ng·g−1 d.w. in Morasco reservoir and
61.5 in Lake Sirio (Table 1).

Table 1. Summary of each metric assessing water quality in the eight analysed lakes. The Benthic
Quality Index for whole-lake assessment (BQIESall) and for bottom lake assessment (BQIESbottom)
are adimensional numbers; DDTs and PCBs are expressed as ng·g−1 d.w.; DR refers to the
development ratio of chironomids; ER refers to the emergence ratio of chironomids. DDTs refers to
dichloro-diphenyl-trichloroethane and metabolites, PCBs refers to polychlorinated-biphenyls; NA:
not available.

Lake Name BQIESall BQIESbottom DDTs PCBs DR ER

Avigliana piccolo 0.26 0.01 7.27 19.4 0.051 55
Candia 0.42 0.21 14.73 29.8 NA NA

Sirio 0.22 0.01 62.84 61.5 0.052 50
Viverone 0.26 0.00 25.44 38.1 0.051 70
Mergozzo 0.52 0.14 40.15 31.9 0.041 53
Morasco 0.46 0.44 0.75 2.2 0.053 51
Posada 0.37 0.37 10.36 2.7 0.049 70

Sos Canales 0.33 0.20 8.10 6.9 NA NA

3.3. Ecotoxicological Assessment

Dissolved oxygen, pH andNH4+ in water remained quite constant during the expositions (Table S2).
All the values were within the range of acceptability of the OECD method. Only in some cases, a decrease
of pH was observed with values <6. The sediments of Lake Candia and Sos Canales reservoir were
very acidic at the end of the exposure. Oxygen was always higher than 60%. Controls were within the
OECD guidelines. Controls showed always absence of NH4+ both at the beginning and at the end
of the test. Lakes Candia and Mergozzo, and Sos Canales and Posada reservoirs had a final NH4+

concentration of 7.74 mg·L−1, while the other lakes had always NH4+ concentrations below 0.8 mg·L−1.
Chironomids started to emerge after 17 days of exposure. Emergence in controls was within the

validity criterion of OECD guidelines (ER > 70%); a minor ER in lake sediments (with the exception of
Posada reservoir) occurred (Figure S2), and a significant difference (ANOVA with Dunnett post hoc test:
p < 0.05) was found between all lakes and the controls. In the case of Lake Candia and Sos Canales
reservoir no comparison was possible because chironomids died, probably due to the acidity of the
medium. DR was significantly higher in Morasco reservoir, while Posada reservoir and Lake Mergozzo
showed a minor DR indicating a specific toxicity for both lakes.

3.4. Comparison Between Assessments

The most striking result was that very few significant correlations existed between sediment
quality assessment through macroinvertebrates, and risk assessment through micropollutants, and
ecotoxicological tests (Figure 2). The highest absolute r-value (0.81) was between the BQIESbottom index
and PCBs for micropollutants, whereas all other pairwise comparisons between indices had r-values
ranging between 0.07 and 0.53.

Correlation values between indices within the same approach were high for micropollutants:
DDTs and PCBs had a significant r-value of 0.88 (Figure 2). BQIESall (whole-lake assessment) and
BQIESbottom (only bottom assessment) revealed a not significant but still high correlation (0.68; Figure 2).
The correlation of DR and ER within ecotoxicological tests had an absolute r-value of 0.54 and was not
significant (Figure 2).

Within each approach, our results confirm that using only one index, either DDTs or PCBs for
micropollutants, and either BQIESall or BQIESbottom for macroinvertebrates, could be considered a
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reliable choice, because the two indices are significantly correlated. The same cannot be stated for DR
and ER from ecotoxicological bioassays, potentially also due to the failure in two out of eight cases.
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Figure 2. Pairwise correlations between the six analysed indices of water quality and security: BQIESall

and BQIESbottom for ecological assessment, DDTs and PCBs for micropollutants, and DR and ER for
ecotoxicological assessment. The cells in the diagonal show the histogram of distribution and the
density plot for each index (see Table 1 for raw data); the cells below the diagonal show the scatterplots
and the estimated linear correlation (colored line) with 95% confidence interval (grey areas) for each
pairwise correlation; the cells above the diagonal report Spearman’s r value of each pairwise correlation,
with bold values indicating significant correlations and asterisks according to the p-value significance
level (◦ for p < 0.10, * for p < 0.05, ** for p < 0.01). DR refers to the development ratio of chironomids;
ER refers to the emergence ratio of chironomids. DDTs refers to dichloro-diphenyl-trichloroethane and
metabolites, PCBs refers to polychlorinated-biphenyls 4.

4. Discussion

The main message of our study is that biological, chemical, and ecotoxicological approaches
provide complementary and non-redundant information for a holistic assessment of ecological quality
in lakes, when considering sediments as a model system. This seems a rather obvious result: different
indices based on completely different elements should not provide the same answer to the question
of quality and security assessment. Yet, what could be considered obvious may pass unnoticed to
decision-makers and public administrators, given that sediment quality assessment is evaluated using
only one or few indices simultaneously [7], and that water quality and risk assessment become pivotal
in matching water demand and supply (domestic, industry, and agriculture supplies, but also for
recreational, aesthetic, and nature conservation purposes).
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Differences between biological, chemical, and ecotoxicological approaches to assess sediment
quality and security are indeed expected [27]. For example, even if PCBs and DDTs are known to affect
the test species (Chironomus riparius) we used for the ecotoxicological approach, the effects seen on the
species may be also due to other contaminants acting in synergy. Nowadays, no reference values exist
to predict the effects of contaminants in sediments on organisms [28].

An implementation of this aspect comes from the Environmental Quality Standards (EQS)
approach for water, sediment, and biota, developed and implemented under the WFD. EQS are set for
annual average concentrations (AA-EQS) and/or maximum admissible concentrations (MAC-EQS).
In 2013, a new European Directive, 2013/39/EC, amended the Directives 2000/60/EC and 2008/105/EC
regarding priority substances in the field of water policy, adding newly identified substances and
revising the EQS of some existing substances. Following this new approach, a characterization with
indexes of sediment quality seems still achievable.

Usually, a threshold effect concentration (TEC) has been used. Such TEC for total PCBs when
no effects are observed is 40 ng·g−1 d.w.; in our case, this concentration was never exceeded with the
exception of Lake Sirio, where the total PCBs concentration was 60.55 ng·g−1 d.w. (Table 1). In a study
on Lake Maggiore contamination [29], the lowest observed effect concentration (LOEC) for total DDT
in sediments on chironomids was 80.5 ng·g−1, and no samples taken during this research showed
similar concentrations. It seems that PCBs (60.55 ng·g−1) had some significant ER effects only on Lake
Sirio sediments. A relationship was reported between low ER and DR in Lake Como sediments when
DDTs and PCBs were high (55.2 ng·g−1 d.w.; 194.5 ng·g−1 d.w., respectively) [15]. Ecotoxicological tests
on sediments from Lake Como with lower contamination of these substances did not show comparable
negative effects.

Regarding what has been said so far, it is useful to underline that contaminants can be present in
mixtures in sediments, and two categories of them can be considered only an indication of pollution,
since no information on all the present contaminants can be assessed. Even a mitigation effect due to
cocktails of unknown contaminants cannot be excluded. This is the reason why the ecotoxicological
approach can be an interesting and useful tool to characterize the chemical quality of a matrix, better
than single analyses. However, negative effects can be therefore due to contaminants other than those
analyzed by water conditions (pH and NH4+). Previous work [30] identified pH effects on the survival
of eggs and first instar larvae of Chironomus riparius, showing the important role of pH when it is lower
than 4. observed A lower survival of chironomids was observed in a river where pH decreased to
4.5 [31]. Moreover, studying the effects of ammonium, it was found that 8.0 mg·L−1 could be a critical
concentration for the survival of chironomids [32]. The negative effects found for the sediments of Sos
Canales reservoir and Lake Candia, and in part even in Lake Mergozzo, could be therefore linked to a
cocktail of different substances other than DDTs and PCBs.

The effects at the community level as seen with the application of the BQIES are even more
complex and not so easily connected with the mere presence of organic pollutants. Chironomids and
oligochaetes respond to a wide variety of stressors [33–35]. This is precisely the reason for the use of
Biological Quality Elements (BQEs) in the Water Framework Directive (WFD) [1,7,9,36,37]. What was
expected from our results was that assessing water quality in the deepest area only and across different
depths may provide rather different inferences regarding the ecological quality of a water body as
a whole (Table 1). The whole-lake index invariably revealed a scenario of equal, higher, or much
higher quality than the index at the bottom of the lake (Table 1). Such discrepancy within the same
method revealed that bottom areas, undergoing prolonged periods of anoxia or hypoxia because of
eutrophication, frequently showed a highly reduced aquatic life. This is the reason why the BQIES was
developed to allow for the separation of the ecological classification of individual sampling stations
or individual water layers (epilimnion, hypolimnion, benthic area). In this way, the Environmental
Agencies could direct mitigation actions in specific lake areas, notwithstanding that the whole-lake
assessment reveals a non-critical situation. One could also speculate that the BQIES, developed to
address trophic impacts [10,11], seemed not to be fully reliable to provide a comprehensive idea of the
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ecological status of a lake if considered alone, and if stressors other than eutrophication are present.
Contaminants or other pressures are always possible and prevalent as anthropogenic impact [35,36];
thus, additional indices should be considered to obtain a holistic and potentially reliable view of the
ecological status of a lake, mainly when water is used as supply.

5. Conclusions

Overall, our results provide empirical evidence to support the idea that risk assessment cannot
be easily and reliably performed using one or only a few indices to produce a single number to be
used by politicians, managers, and stakeholders to base their decisions on environmental issues. We
thus confirm the suggestion of the WFD that biological, chemical, and ecotoxicological approaches
should be used together to provide a synergistic and holistic assessment of ecological quality and
water security in lakes. Ecotoxicological and chemical indexes (such as EQS) should be improved in
order to obtain more useful information when making a risk assessment evaluation, which should
include ecological aspects of the lakes’ environments.
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water at the start (T0) and end (Tend) of the ecotoxicological tests with lake sediments belonging to different lakes.
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Abstract: To assess if environmental differences other than water quality may affect the outcome of
the Benthic Quality Index, a comparison of the application of four different methods (Benthic Quality
Index—BQIES, Lake Habitat Modification Score—LHMS, Lake Habitat Quality Assessment—LHQA
and Organisation for Economic Co-operation and Development—OECD) used to classify the lake
ecological and hydro-morphological status of 10 Italian lakes was performed. Five lakes were natural
and five were reservoirs belonging to both Alpine and Mediterranean Ecoregions. The 10 lakes
were sampled using the Water Framework Directive compliant standardized national protocol,
which includes sampling soft sediment in the littoral, sublittoral and deep layers along transects
with a grab of 225 cm2 during spring and autumn. The application of Generalised Linear Mixed
Effect Models both at the lake level and at the single station of each lake highlighted that, at the
lake level, no significant correlations existed between any couple of hydro-morphological, ecological
and trophic status assessments, with each metric representing a different facet of human impact on
the environment. At the single site level, we found significant effects of depth on the metrics of
biodiversity. The best approximation of single-site macroinvertebrates diversity among the metrics
of overall lake quality was with the LHMS, but not with the BQIES. Our hypotheses that lake
macroinvertebrates assemblages depend also on other potential confounding variables of habitat
degradation and intrinsic differences between lakes were confirmed, with depth playing a major role.
Therefore, the assessment of lakes with different depths may produce different whole-lake BQIES
values, only because of the effect of depth gradient and not because of differences in lake quality.

Keywords: grain-size; sediment; chemical analysis; macroinvertebrates; ecological status; Water
Framework Directive; multimetric indices

1. Introduction

Before the launch of the Water Framework Directive (WFD, Directive 2000/60/EC), due to the
extensive use of waters for indoor and outdoor purposes (e.g., hydropower generation, domestic,
agricultural, industrial and recreation scopes), several of the aquatic ecosystems in Europe were heavily
degraded, and many of them completely lost, sometimes even in an irreversible way [1,2]. Thus,
the WFD is an important component in supporting the water sector in Europe, emphasizing the role
of aquatic ecology in management decisions to protect an exhaustible resource [3]. Water resources
management is based on a comprehensive understanding of ecosystem functions and interactions,
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so a multi-parametric approach was needed to sustain water policy at the European level, considering
future conservation and restoration actions [4].

In order to improve the quality of surface water bodies (lakes and rivers), specific studies focused
on the implementation of monitoring and assessment methods across Europe. The most prominent are:

• Screening methods for Water Data Information in support of the implementation of the Water
Framework Directive (SWIFT-WFD: www.swift-wfd.com) [5];

• Development and Testing of an Integrated Assessment System for the Ecological Quality of Streams
and Rivers throughout Europe using Benthic Macroinvertebrates (AQUEM: www.aqem.de) [6];

• Standardisation of River Classifications: Framework method for calibrating different biological
survey results against ecological quality classifications to be developed for the Water Framework
Directive (STAR: www.eu-star.at/frameset.htm) [7];

• Relationships between the ecological and chemical status of surface waters (REBECCA: www.
ymparisto.fi/eng/research/euproj/rebecca/homepage.html) [8];

• Water Bodies in Europe: Integrative systems to assess ecological status and recovery (WISER:
www.wiser.eu) [9];

• Local hydro-morphology, habitat and RBMPs: new measures to improve ecological quality in
South European rivers and lakes (INHABIT: www.life-inhabit.it);

• Managing aquatic ecosystems and water resources under multiple stresses (MARS: www.mars-
project.eu) [10,11].

The evaluation of the ecological status of a lake requires an integrated approach that takes into
account the effects on biota of different pressures encountered in lakes (eutrophication, acidification,
general degradation, morphological alteration, etc.). As a general rule, the composition and the
characteristics of the biotic communities of European waters, and the abiotic conditions influencing
them, have become a primary focus to be analyzed in order to assess the quality of lakes and rivers as
a whole. Since 2000, several biological assessment metrics, biotic indices or predictive models covering
taxonomic, functional and trait-based approaches considering different pressures were developed by
various countries in Europe [12–21], with the aim of improving management and conservation actions
throughout Europe, and of harmonizing the classification of ecological status. Italy, after recognizing
of the importance of eutrophication as a pressure impact on the national territory (nearly 41% of
the Italian lakes were eutrophic [22]), decided to assess eutrophication impacts in lakes. This goal
was reached using specific indices, ecological quality ratios and chemical and hydro-morphological
status assessment to define reference conditions. Different metrics for phytoplankton, diatoms,
macrophytes, macroinvertebrates and fish were developed within the remits of the WFD (for details
on the Italian metrics adopted for each Biological Quality Element (BQE), see www.ise.cnr.it/wfd-en).
Among such metrics, the Benthic Quality Index (BQIES) [23,24] considers the composition of the
macroinvertebrates assemblages in order to assess the eutrophication levels of lakes. The index is based
on a species-level approach for all benthic macroinvertebrates, mainly for chironomids and oligochaetes,
co-dominating lake benthic communities. Then, in a second step, using quantile regression analysis,
a rapid bio-assessment methodology of quality conditions has been set up to be submitted to the
authorities responsible for water monitoring and to water managers [25]. The application of the rapid
bio-assessment methodology has the objective of optimizing the sampling procedures of the national
standardized protocol for monitoring lakes [26]. The aim is to support the environmental agencies
responsible for the assessment of ecological quality in identifying entire lakes or parts of them that
are altered, turning their attention to them and starting remediation actions. In 2018, the BQIES was
finally accepted at the European level (UE Decision 2018/229) and became fully operational at the end
of the same year.

The BQIES, like other indices, should reflect the effect of pollution on water quality, but also the
effects of the physical, chemical, biological and biogeographic characteristics of each water body [27].
The explicit assessment of most of these environmental features is not currently compulsory in
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the application of the BQIES [24], but may be used as a further support in the definition of high
ecological status. We here want to demonstrate that the nature of the sediment, the lake depth
and the water chemistry, and not only the trophic status, are factors affecting the outcome of the
BQIES [28–31]. This paper tests the hypothesis that macroinvertebrates, sampled using a standardized
methodology over a short period of time (spring to autumn of the same year) in both natural
lakes and reservoirs in Italy, respond to a gradient of trophic state in which agriculture and animal
husbandry are the predominant stressors, according to the current use of the BQIES, but also to
environmental variables that could represent confounding factors for the strict application of the
BQIES. To assess if environmental differences other than water quality may affect the outcome of the
BQIES, we performed a comparison of the application of four different methods (BQIES, Lake Habitat
Modification Score—LHMS, Lake Habitat Quality Assessment—LHQA, Organisation for Economic
Co-operation and Development—OECD) used to classify lake ecological and hydro-morphological
status. Then, we analyzed how the variability in species compositions of lake macroinvertebrates is
related to geographic and local scale environmental factors, including sediment texture, sediment
organic and inorganic matter content, hydro-chemical conditions and depth, in comparison with
other indices of environmental degradation. The outcome of our analyses could be used to improve
the application of the BQIES and to make it more compliant to the aims of the WFD, clarifying the
importance of local environmental parameters not only as a support tool, but as a key means of
characterizing the sediment on which life within them depends.

2. Materials and Methods

2.1. Study Area

The WFD states that all lakes with a surface area >0.5 km2 should be monitored [22],
but administrative regions, or parks or water managers, can decide to include smaller lakes deserving
particular protection and safeguarding because of their strategic importance as a drinking water
supply, their particular environmental value, or the peculiar character of the fauna and flora inhabiting
them [32].

The lakes included in the current study belong to different types according to the EC Water
Framework Directive classification system [33], and to two separate Ecoregions, together covering the
meteorological conditions typical of the whole country. The lakes are classified into Alpine (AL) and
Mediterranean lakes (ME) on the basis of the Ecoregion agreement [33]. The choice of this set of lakes
and reservoirs was based on previous information about their trophic state, allowing us to cover a
gradient of trophic state (from ultra-oligotrophy to hypertrophy) within which to test our hypotheses.

Six lakes are located in continental Italy (north-western side, Piedmont) and the remaining four
in insular Italy (Sardinia) (Figure 1). They thus are subject to different meteo-climatic conditions.
Five lakes are natural and five are reservoirs, of which four are placed in rural areas and one in natural
settings (Table 1).
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Table 1. Administrative regions, lake names and types, ecoregions (AL = Alpine, ME = Mediterranean)
and class types of lakes, and their respective main geographic and morphological information. Latitude
and longitude, in WGS84 system, are expressed as DMS (Degrees, Minutes, Seconds); Altitude: m a.s.l.;
Lake area: km2; Mean and Maximum depth: m.

Region Lake Name Lake
Type

Class
Type

Latitude
N

Longitude
E Altitude Lake

Area
Mean
Depth

Maximum
Depth

Piedmont Avigliana piccolo Natural AL-5 45◦03′13′′ 07◦23′30′′ 356 0.58 7.70 12.00
Piedmont Candia Natural AL-5 45◦19′25′′ 07◦54′43′′ 227 1.69 5.90 8.00
Piedmont Mergozzo Natural AL-6 45◦57′23′′ 08◦27′47′′ 194 1.82 45.60 73.00
Piedmont Morasco Reservoir AL-9 46◦25′33′′ 08◦23′48′′ 1814 0.57 31.00 50.00
Piedmont Sirio Natural AL-6 45◦29′06′′ 07◦53′05′′ 271 0.32 18.10 44.00
Piedmont Viverone Natural AL-6 45◦24′05′′ 08◦03′05′′ 230 5.78 22.50 50.00
Sardinia Bidighinzu Reservoir ME-2 40◦33′24′′ 08◦39′44′′ 330 1.50 8.40 30.00
Sardinia Liscia Reservoir ME-4 40◦59′39′′ 09◦14′37′′ 177 5.57 18.80 63.50
Sardinia Posada Reservoir ME-3 40◦38′19′′ 09◦36′28′′ 43 3.00 9.30 29.50
Sardinia Sos Canales Reservoir ME-5 40◦33′17′′ 09◦18′55′′ 709 0.30 19.70 47.50

2.2. Lake Classification

Water bodies (natural lakes and reservoirs) were sampled for biota and physical and chemical
analyses in spring and autumn along transects connecting the littoral, sub-littoral and deep areas of
each lake, according to the national protocol for macroinvertebrates sampling [26].

Four different methods were used to classify lake ecological and hydro-morphological status:
OECD, LHMS, LHQA and BQIES. The methodology proposed by the Organisation for Economic
Co-operation and Development (OECD [34]) was used to classify lakes on the basis of their trophic
conditions. This metric is based on the hypolimnic oxygen concentrations in deep layers, on the mean
values of total phosphorus (TP) at mixing, on mean values of chlorophyll a, and on mean annual
values of transparency. TP, oxygen and chlorophyll a analyses were performed following Tartari and
Mosello [35], and transparency was measured with a Secchi disc.

The summer application of the Lake Habitat Survey (LHS) was used to characterize the
hydro-morphological conditions of each lake [36]. The LHS, based on a combination of habitat plot
(Hab-Plots) observations, generates two main summary metrics: LHMS (Lake Habitat Modification
Score), related to the degree of site modification, and LHQA (Lake Habitat Quality Assessment),
to measure the diversity and naturalness of the lakes. Both metrics in the LHS assessment method,
which surveys the terrestrial/aquatic ecotone, include quantitative descriptions of vegetation canopy,
macrophytes composition and distribution, main littoral substrate and the presence of human impacts
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on the shores and riparian zone [36]. High values of LHMS indicate high human modification and
thus low ecological status, whereas high values of LHQA indicate high naturalness and thus high
ecological status or high habitat quality.

The Benthic Quality Index (BQIES) was applied to the lakes as well. It is based on indicator
weights attributed to each species, assuming that a species that is known to live preferably in high
diversity sites is an indicator of a healthy environment, whereas a species that is known to be abundant
in low diversity sites is an indicator of altered environments. Thus, high values of the index indicate
high biodiversity and high ecological status [24].

2.3. Sampling Methodology

Biota and soft sediment were sampled with a grab (area = 225 cm2); biota was sieved in the field
through a net (mesh 250 µm), and stored with an aqueous solution (5%) of buffered formaldehyde.
Water samples were collected by a Niskin bottle equipped with an overturning thermometer to obtain
water parameters from the different sampling depths. All samples were brought to the laboratory for
subsequent analyses.

Water features were measured for each sampling point in each lake according to Fornaroli and
co-authors [25], and include both physical and chemical metrics: temperature, oxygen concentration,
pH, conductivity, alkalinity, total phosphorus (TP) and total nitrogen (TN) (Table S1).

Sediment features were analyzed regarding chemistry and texture. For sediment chemistry,
the water content, organic and inorganic matter and percentage of carbonates were measured via Loss
On Ignition analysis (LOI 500 ◦C—[37]). For sediment texture, grain size was analyzed via Wentworth
scaling (U.S. Standard) [38], allowing the separation of the sediment into many different fractions
below 2 mm [39,40], and their classification according to their constituent parts (clay, silt and fine sand,
expressed as percentages).

In the lab, sediment samples were sorted under a stereomicroscope to identify macroinvertebrates.
The animals were separated into main groups, identified to species level when the presence of juveniles
did not preclude it, and counted. The identification manuals used are those in use at the international
and national levels ([41] for Chironomids; [42] for Oligochaetes, and [43] for the remaining taxonomic
groups). Richness (number of taxa, considering mostly species, but also genera and families for
minor taxonomic groups) and diversity (Shannon diversity index—SDI), representing the community
structure and complexity, were calculated for each single-site sampling point.

The biological data for all taxa identified among the macroinvertebrates were used to apply the
BQIES to each sampling point within a lake (BQIESsingle-site—[24]). For each single-site sampling point
we obtained biological and abiotic measurements.

In addition to the analyses performed at each sampling point, we also followed the current
regulations, averaging values of all sampling points through space and time to obtain a mean annual
BQIESwhole-lake value for each lake.

2.4. Statistical Analyses

The first series of analyses involved a comparison between classification systems at the lake level;
we compared BQIESwhole-lake (whole-lake assessment of the BQIES), OECD, LHMS and LHQA with
Pearson multiple correlations, using R v 4.0.0 [44], package psych v1.9.2 [45].

The second series of analyses assessed the potential influence of depth on the other environmental
metrics, including sediment texture, sediment chemistry, and the water physical and chemical
parameters of each single-site sample. Our hypothesis was that the nature of sediment and water
features would affect macroinvertebrates, and if the sediment and water features change with
depth, space and time, the cascading effects on the macroinvertebrates assemblages could affect the
BQIESwhole-lake assessment. To verify our hypothesis, we used Generalized Linear Mixed Effect Models
(GLMMs [46]), analyzing the effect of depth on the variability of the environmental metrics, accounting
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for the pseudoreplication within each lake of the random effects, and for the effect of seasonality as an
additional explicit factor in the model. GLMMs were performed with the R package nlme v3.1-147 [47].

After exploring the lake classification and abiotic features of the sampling sites, the main question
we wanted to address was the potential confounding effect of sediment and water features in driving
the differences in species assemblages of macroinvertebrates in comparison to the representativeness
of macroinvertebrates as BQE for the lake quality assessment. We addressed this question by using
GLMMs on macroinvertebrates richness, macroinvertebrates SDI and BQIESsingle-site applied to each site
as a function of depth, sediment chemistry, sediment texture, water features and lake ecological status
classifications (according to OECD, LHMS, LHQA and BQIESwhole-lake), accounting for the effect of
seasonality and including the effect of the pseudoreplication of sites nested within each lake as a random
effect. For the statistical models we used one single explanatory variable summarizing sediment
chemistry, sediment texture and water features. To obtain such summary metrics, we performed
principal component analyses, one for each group of variables, and kept the first axis as a summary of
the metrics of the group.

Before any analysis, dependent variables expressed as percentages were arcsine square root
transformed, and dependent variables expressed as count data were log transformed to obtain a
Gaussian distribution of residuals [48]. For models including a combination of continuous variables
and categorical variables with more than two levels, summary outputs were obtained as type II analysis
of deviance tables with the R package car v3.0.7 [49]. Partial r2 for GLMMs were obtained with the R
package r2glmm v0.1.2 [50].

3. Results

3.1. Lake Classification

The range of averaged BQIESwhole-lake values from each lake varied between 0.52 (Lake Mergozzo)
and 0.22 (Lake Sirio); most of the lakes’ estimates were lower than 0.4, a threshold between good
(higher than 0.4) and moderate status (Table 2).

Table 2. Summary metrics and classification for each analyzed lake, including annual mean hypolimnic
oxygen saturation during stratification (O2, %), annual mean total phosphorus at mixing (TP, mg m−3),
annual mean chlorophyll a (Chl a, mg m−3), and annual mean transparency (m), used to obtain the
OECD classification; the other classification scores include BQIESwhole-lake, LHMS and LHQA.

Lakes O2 TP Chl a Transparency OECD BQIESwhole-lake LHMS LHQA

Avigliana piccolo 3 18.56 2.17 4.17 oligo-mesotrophic 0.255 26 56
Bidighinzu 3 259.16 14.67 0.89 hypertrophic 0.391 20 47

Candia 19 27.70 11.02 2.74 eutrophic 0.421 26 56
Liscia 15 41.97 6.73 3.04 meso-eutrophic 0.268 18 61

Mergozzo 75 4.60 1.98 7.50 oligotrophic 0.518 14 56
Morasco 78 2.20 0.36 7.33 ultra-oligotrophic 0.464 26 30
Posada 32 37.44 7.35 1.97 eutrophic 0.370 24 48

Sirio 3 41.07 3.70 5.03 meso-eutrophic 0.220 32 53
Sos Canales 6 31.67 6.66 2.80 eutrophic 0.331 26 52

Viverone 59 80.13 3.42 5.62 meso-eutrophic 0.255 32 62

When classifying Italian lakes on the basis of OECD trophic conditions (Table 2), Lake Mergozzo
was the only one with a high annual mean oxygen content even in the deepest layers, low mean
concentrations of TP and chlorophyll a, and high annual mean transparency values.

The natural lakes of the present study, through the application of LHS (Table 2), were characterized
via high habitat quality (mean LHQA ± SD = 56.6 ± 3.3). In two cases (lakes Viverone and Sirio),
the lake modification measures (LHMS) were the highest because of the pronounced human littoral
alterations. Once again, Lake Mergozzo showed very good hydro-morphological conditions with the
lowest LHMS (14) and a quite high LHQA (56) (Table S1), confirming the high habitat quality and
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conservation value of its habitats. The reservoirs showed LHMS values never exceeding 20 (Table 2),
with the dam representing the only adverse environmental impact.

Each system of lake classification provided a different facet of the assessment of anthropogenic
impacts on the habitat. The pairwise correlation values between classification metrics were very low,
always below 0.6 as an absolute value, and never significant (Figure 2).
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Figure 2. Pairwise comparisons between classification systems: LHMS for habitat modification,
LHQA for naturalness, BQIES for macroinvertebrates and OECD for trophic status, ranked in order
from 1 as ultra-oligotrophic to 6 as hypertrophic. The diagonal reports the histograms of the distribution
of each metric; the values above the diagonal represent Pearson’s r correlation values; the scatterplots
below the diagonal show the correlation between pairs of variables with the (non-significant) trend line.

3.2. Single-Site Sediment and Water Descriptors

The sediment chemical components (Table S1) revealed that Morasco reservoir had the lowest
average water content (38%) and organic matter percentages (3%); the highest organic matter contents
were found in lakes Candia (48%), Sirio (35%) and Viverone (23%), whereas values were <20%
in the other lakes (Figure 3). Carbonates were usually present in smaller amounts than the other
analyzed components, with values ranging on average from 1% (Sos Canales reservoir) to 20% (Lake
Avigliana piccolo).

Sediment texture analyses (Table S1) revealed fine sand as the main component (Figure 3),
while silt and clay represented only minor fractions. Morasco reservoir and Lake Candia represented
an exception since they showed higher values for both silt and clay. In detail, the lowest fine sand
content was found in the Morasco reservoir (60%), and the highest in Lake Sirio (92%). Silt ranged
from 6% (Lake Sirio) to 21% (Lake Candia), whereas clay varied from 1% (Liscia reservoir) to 20%
(Morasco reservoir).
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Figure 3. Distribution ofsediment chemical features (up: water, organic matter and carbonates contents)
and soft sediment texture (down: fine sand, silt, clay) for each lake. All variables are reported
as percentages.

The water features (Table S1) showed a wide range of conductivity, from 56 (Lake Mergozzo) to
>400 µS cm−1 (Lake Avigliana piccolo and Bidighinzu reservoir), and alkalinity (from 14 mg L−1 in Lake
Mergozzo to 398 mg L−1 in Lake Avigliana piccolo). The pH values ranged between 6.5 and 9.1, with the
lowest values (<7) in the deep areas of lakes Mergozzo and Sirio and the Sos Canales reservoir, and the
highest values (>8) in the littorals of the lakes in north-western Italy. Oxygen saturation was highly
variable (from 1.1 to 128%) and strictly dependent on depth and season; the highest concentrations
were found along the shores of Lake Sirio, and very low values were found in the deepest layers of
Lake Viverone, as well as the Bidighinzu, Sos Canales and Liscia reservoirs, which were close to anoxia
(<5%) during prolonged period of water stratification. The nutrient conditions (both TP and TN)
showed again a wide range of values: the former varied from 4 µg L−1 (Lake Mergozzo) to 1081 µg L−1

(Lake Bidghinzu), the latter from 2.1 mg L−1 (Lake Avigliana piccolo) to >3 mg L−1 (Lake Bidighinzu).
Some of the sediment and water features of the samples revealed a significant relationship with

depth (Table 3). Among the metrics describing sediment chemistry, only water content was significantly
and positively related to depth; among the metrics describing sediment texture, all the percentages
of fine sand, silt and clay were significantly and positively related to depth; among water features,
temperature, oxygen, pH, TP and TN were significantly affected by depth (Table 3).
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Table 3. Output of the Generalized Linear Mixed Effect Models (GLMM) assessing the effect of depth
on sediment chemistry, sediment texture and water features, including seasonality as a covariate and
sites nested within each lake as random effects. Significant effects of depth are marked in bold.

Environmental
metrics Parameters Predictor t-Value p-Value

sediment chemistry

water content
(intercept) 12.6 <0.001

depth 2.9 0.007
season 0.6 0.547

organic
(intercept) 5.2 <0.001

depth −1.2 0.238
season −0.1 0.965

inorganic
(intercept) 17.0 <0.001

depth 1.6 0.114
season 1.1 0.299

carbonates
(intercept) 3.5 0.002

depth −1.0 0.329
season −2.3 0.031

sediment texture

fine sand
(intercept) 22.0 <0.001

depth 3.1 0.005
season −6.6 <0.001

silt
(intercept) 12.3 <0.001

depth −2.7 0.011
season −5.5 0.001

clay
(intercept) 3.1 <0.001

depth −1.6 0.019
season −0.1 0.598

water features

temperature
(intercept) 12.5 <0.001

depth −5.3 <0.001
season 3.4 0.002

oxygen
(intercept) 9.5 <0.001

depth −3.6 0.002
season −1.5 0.140

pH
(intercept) 49.7 <0.001

depth −3.1 0.005
season −0.1 0.940

conductivity
(intercept) 5.2 <0.001

depth 1.5 0.142
season 1.5 0.146

alkalinity
(intercept) 3.3 0.002

depth 0.9 0.358
season 0.3 0.767

TP
(intercept) 0.9 0.334

depth 2.2 0.035
season 0.5 0.614

TN
(intercept) 4.5 <0.001

depth 2.4 0.023
season −0.9 0.361

3.3. Whole-Lake Macroinvertebrates Assemblages

Macroinvertebrates were represented by 12,799 individuals, belonging to 142 taxa in seven
classes (Arachnida, Bivalvia, Clitellata, Gastropoda, Insecta, Platyhelminthes and Malacostraca) and
36 families. Oligochaetes and Chironomids were the most abundant groups, whose overall relative
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abundances constituted from 46% (Lake Candia) to 100% (Morasco reservoir) of the macroinvertebrates
assemblage (Figure 4).

Water 2020, 12, x FOR PEER REVIEW  10  of  17 

 

36 families. Oligochaetes and Chironomids were the most abundant groups, whose overall relative 

abundances  constituted  from  46%  (Lake  Candia)  to  100%  (Morasco  reservoir)  of  the 

macroinvertebrates assemblage (Figure 4). 

 

Figure  4.  Logarithmic  (ln)  distribution  of  densities  (ind  m−2)  of  the  main  macroinvertebrates 

taxonomic groups in the different lakes. 

Figure 4. Logarithmic (ln) distribution of densities (ind m−2) of the main macroinvertebrates taxonomic
groups in the different lakes.

42



Water 2020, 12, 2519

Chironomids tended to prevail over Oligochaetes in most lakes, while oligochaetes prevailed
in lakes Mergozzo and Viverone, and the Sos Canales reservoir. The latter showed the highest
oligochaetes absolute abundances (around 20,000 ind m−2), whereas lakes Mergozzo and Viverone
had absolute abundances of 2400 ind m−2 and 900 ind m−2, respectively. Lakes Sirio and Candia
presented a large number of chaoborids (550 and 900 ind m−2, respectively), while Lake Avigliana
piccolo showed comparable densities of oligochaetes, chironomids and chaoborids (225, 216 and
184 ind m−2, respectively), and relatively high densities for mayflies, bivalves and gastropods (76, 60
and 16 ind m−2, respectively).

3.4. Environmental Effects on Macroinvertebrates

Each group of environmental features, namely sediment chemistry, sediment texture and
water features, for each site was summarized in one single axis of a principal component analysis,
which produced an explained variance 89.8% for sediment chemistry, 77.6% for sediment texture,
and 68.3% for water features. These axes were included in the following models as proxies for the
three environmental features.

The statistical models to assess the role of potential confounding factors on metrics of diversity
(richness of macroinvertebrates, SDI and BQIESsingle-site) revealed that depth had a significant effect,
and that, among the metrics of lake quality, LHMS was always significant (Table 4).

Table 4. Type II analysis of deviance tables as output of the GLMM assessing the effect of sediment
chemistry, sediment texture, water features and depth, including seasonality as a covariate, in addition
to the metrics of overall lake quality (OECD, LHMS, LHQA and BQIESwhole-lake) and sites nested
within each lake as random effects, on three metrics of site biodiversity: richness, SDI (diversity) and
BQIESsingle-site. Significant effects are marked in bold. The model R2 is reported for each model between
parentheses after the name of the response variable.

Response Predictor χ2 p-Value R2

richness (R2 = 0.81)

PC axis sediment chemistry 0.0 0.9587 0.00
PC axis sediment texture 0.7 0.3903 0.02

PC axis water features 0.4 0.5486 0.01
depth 27.5 <0.0001 0.60
OECD 0.1 0.7851 0.00
LHMS 9.5 0.0021 0.28
LHQA 3.8 0.0512 0.13

BQIESwhole-lake 0.1 0.7200 0.01
season 5.1 0.0768 0.04

SDI (R2 = 0.70)

PC axis sediment chemistry 2.0 0.1592 0.09
PC axis sediment texture 0.3 0.6050 0.01

PC axis water features 0.2 0.6789 0.01
depth 24.6 <0.0001 0.55
OECD 0.6 0.4214 0.04
LHMS 5.3 0.0209 0.21
LHQA 0.0 0.8764 0.00

BQIESwhole-lake 0.1 0.8197 0.00
season 3.3 0.1964 0.04

BQIESsingle-site (R2 = 0.78)

PC axis sediment chemistry 5.5 0.0191 0.26
PC axis sediment texture 0.0 0.8685 0.00

PC axis water features 0.0 0.9900 0.00
depth 20.7 <0.0001 0.57
OECD 0.5 0.4872 0.03
LHMS 6.2 0.0131 0.22
LHQA 0.1 0.7734 0.00

BQIESwhole-lake 0.0 0.8681 0.00
season 8.3 0.0159 0.05
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Depth explained between 55% and 60% of the variance for each model (Table 4), and LHMS
between 21% and 28%. None of the other predictors were relevant to explaining richness and SDI,
whereas for BQIESsingle-site, sediment chemistry (water content) and seasonality were also significant.
Surprisingly, the BQIESsingle-site scores were not related to the overall BQIESwhole-lake scores, nor to the
trophic status assessed according to OECD standards (Table 4).

4. Discussion

The first unforeseen and positive result of our study at the lake level was that no significant
correlations existed between any couple of hydro-morphological, ecological and trophic status
assessments (LHQA, LHMS, BQIESwhole-lake and OECD) (Figure 2). One explanation could be that
each metric assesses a different facet of the environmental impacts of anthropogenic activities, using as
they do the descriptive morphologic and hydrologic characteristics of the littorals, the biodiversity
of macroinvertebrates or nutrients, and that the different facets of human impacts on different
environmental features are not strictly correlated but actually complementary [51,52]. Such differences
have two consequences: on the one hand, the different metrics may all be necessary for a reliable
implementation of the WFD; on the other hand, ecological assessments cannot be provided with a single
number that evaluates lake quality. The Water Framework Directive considers healthy ecosystems to
be the basis of sustainable water resources, whereby the various components are interconnected and
provide ecosystem services with positive cascading effects on lake resilience to counteract short-term
impacts. This means that each assessment, representing different pressures and impacts, did not
provide any redundancy in the ecological assessment of lakes, but rather that each of them constitutes
a description of the environmental complementarity of the ecological status of each lake. This would
have potential implications on mitigation actions to be taken: different metrics of human impacts
could already suggest which actions should be considered to minimize impacts on morphological,
hydrological, chemical or biodiversity features, understanding their effectiveness in avoiding threats
to the provision of ecosystem services on which humanity depends [53].

The other results of our analysis were in line with our expectations: sediment and water
features indeed may change with depth, even within the same lake, thus differentially affecting
macroinvertebrates assemblages on top of the ecological quality of the lake, and potentially providing
biased assessments of lake quality through indices that do not consider such confounding factors.
The effect of depth on water and sediment features was not due simply to the fact that the dataset
included both deep and shallow water bodies, deeper than 15 m or not; by repeating the same
analyses removing the two shallowest lakes (Avigliana piccolo and Candia), the effect of depth was still
significant for several water features, namely temperature, oxygen, pH and TN, but not conductivity,
alkalinity or TP (Table S2), similar to what happened with the analyses on the overall dataset (Table 3).
Regarding sediment, by removing the two shallower lakes, no changes could be seen in the effect of
depth on sediment texture and sediment chemistry (Table S2).

The benthic macroinvertebrates species composition in lakes is known to vary with space and time
depending on natural factors [54]. As a general rule, environmental variables and biotic interactions
influence the macroinvertebrates assemblages, the presence and ratio of sensitive to tolerant species,
and the ecological functioning of lakes and their productivity [55–59]. In the present study, the analyses
applied to sediment chemistry, sediment texture and water features allowed us to highlight the effect
of them, and especially of depth in explaining variations within each lake. This is also in agreement
with different metrics of biodiversity, including richness and diversity, confirming the importance of
depth in determining the distribution of benthic macroinvertebrates assemblages, and consequently
of the BQIESsingle-site, on which basis the BQIESwhole-lake is then calculated. Even when removing the
two shallowest lakes (Avigliana piccolo and Candia) from the analyses, the effect of depth was still
highly significant, and none of the other variables became significant (Table S3). Thus, we can exclude
the interpretation that the effect of depth in our study was due to the inclusion of both deep and
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shallower water bodies, and the effect holds true even in the analyses including only the subset of
deeper water bodies.

The lakes and reservoirs we analyzed presented a fairly similar sediment texture because we
focused our monitoring program on soft sediment, and such lack of great variability may explain
why no effect of sediment texture was found on the species richness, SDI or BQIESsingle-site of
benthic macroinvertebrates. Watershed characteristics influence ecological activities and equilibria by
controlling the chemistry of soils [60], plants [61], waters [62] and microbial community composition [63].
Thus, similar sediments may host communities of benthic macroinvertebrates with similar diversity
metrics even if they come from different ecoregions, with different origins of the sediment (e.g., sediment
of glacial origin is only found in the Alps). Thus, because of such low variability in sediment texture in
the analyzed water bodies, we cannot state whether the inclusion of sediment characterization in terms
of the percentage of sand, silt and clay, actually not compulsory within the standardized sampling
protocol adopted at national level [26], could be useful when monitoring macroinvertebrates in order
to facilitate the interpretation of the results. In our case, the differences in depth overruled any smaller
difference in sediment texture, changes in which were also directly correlated to depth (Table 3).

An unexpected result of our analysis was that the BQIESsingle-site, as well as species richness and
SDI, were not related to the BQIESwhole-lake, but were more strongly explained by LHMS, as an index
of habitat modification. Thus, the inference we can provide is that macroinvertebrates biodiversity
within the lake was affected by visible shore modifications, as evaluated by the LHMS, affecting
even the deepest parts of the lakes. Such effect was maintained even when removing the shallowest
lakes (Table S3), suggesting that LHMS, contrary to what was found by McGoff and co-authors [64],
could indeed provide a reliable metric for the assessment of overall lake quality. To provide some
additional speculation in support of the reliability of LHMS as an overall whole-lake assessment, or as
a single-site metric, we repeated the analyses using the values of LHMS and LHQA measured for each
single-site instead of their whole-lake counterparts, including only the littoral or sublittoral sites in
each lake corresponding to the sites where LHMS and LHQA were actually measured. The results
revealed that the single-site LHMS and LHQA were never significant, either for richness or for SDI
or BQIESsingle-site, and could never explain more than 5% of the variance for each model, with depth
remaining the most significant predictor (Table S4). Such additional analyses confirm the validity and
reliability of LHMS as a whole-lake assessment of human lake-shore modifications, and their effects on
the aquatic macroinvertebrates, regardless of the singe-site measurements for the same index.

5. Conclusions

Our results confirm the hypothesis that lake macroinvertebrates assemblages are correlated with
confounding factors in each lake, such as sediment chemistry and texture and water features, but that
most of the variability can be explained by depth, at least in the set of analyzed water bodies. The main
inference that can be suggested from our study is that the BQIES based on the standardized monitoring
protocol remains a useful tool for the ecological assessment of the quality of deep Italian lakes, with a
mean depth higher than 15 m, as previously suggested [24], but also that, actually, no difference in
its results could be highlighted between deeper and shallower lakes. The proposed BQIES cannot be
considered definitive, as new species with different auto-ecological requirements could potentially be
collected in lakes not sampled yet in the central and southern part of Italy. The indicator weights of
species are actually based on a historical dataset of geographic distribution, and need to be updated as
monitoring proceeds, slightly influencing the outcome of the BQIES assessment.

Another general inference is the support for the reliability of LHMS as an index of overall
lake quality, reflected as a significant predictor in all the analyses of site-related macroinvertebrates
biodiversity. This does not imply the abandonment of the BQIES in favor of the LHMS only because
the latter was a better predictor of macroinvertebrates community assemblage. Simply, the different
metrics represent different pressures with possible divergent scores of quality, and both have to be
applied to highlight where to focus management or restoration actions more effectively.
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Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/9/2519/s1,
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Abstract: Highly humic lakes are typical for the boreal zone. These unique ecosystems are charac-
terised as relatively undisturbed habitats with brown water, high acidity, low nutrient content and
lack of macrophytes. Current lake assessment methods are not appropriate for ecological assessment
of highly humic lakes because of their unique properties and differing human pressures acting on
these ecosystems. This study proposes a new approach suitable for the ecological status assessment
of highly humic lakes impacted by hydrological modifications. Altogether, 52 macroinvertebrate
samples from 15 raised bog lakes were used to develop the method. The studied lakes are located
in the raised bogs at the central and eastern parts of Latvia. Altered water level was found as the
main threat to the humic lake habitats since no other pressures were established. A multimetric index
based on macroinvertebrate abundance, littoral and profundal preferences, Coleoptera taxa richness
and the Biological Monitoring Working Party (BMWP) Score is suggested as the most suitable tool to
assess the ecological quality of the highly humic lakes.

Keywords: highly humic lakes; macroinvertebrates; ecological status assessment

1. Introduction

Humic lakes, also known as brown-water lakes, are typical for the boreal zone, located
between 50◦ to 70◦ N latitude. These ecosystems are characterized by dark water colour,
low water transparency, and low pH caused by the high concentration of dissolved organic
matter (DOM), mostly originating from the catchment area and consisting of refractory
humic substances [1,2]. Over the last decades, an impressive body of evidence has been
accumulated which suggests that DOM is a major modulator of the structure and function
of lake ecosystems, affecting numerous features such as light regime, thermal stratification,
nutrient availability, primary production, and microbial metabolism [3–6]. Numerous
studies have shown that the biological communities differ considerably from those of
clear-water lakes (phytoplankton: [7]; macrophytes: [8]; periphyton: [9]; zooplankton: [10];
fish fauna: [11]). Moreover, their response to human stressors might differ too [12–14],
asking for monitoring and assessment approaches different to those used for clear-water
lakes [15,16].

Multiple human pressures, such as nutrient enrichment, hydrological and morphologi-
cal alterations, invasion of non-native species and climate change, affect humic lakes [17,18].
Some of these pressures are similar to those impacting clear water lakes, but some are differ-
ent, e.g., bog lakes are affected by artificial peatland drainage and peat extraction associated
with habitat degradation, erosion, increased leaching of nutrients and dissolved organic
carbon [19,20]. Similarly, peatland lakes are impacted by forestry practices (afforestation,
fertilization, and clear-cutting) which have been shown to increase catchment loadings
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of nutrients, sediments and dissolved organic carbon (DOC) to these ecosystems [21–23].
These impacts can have a profound effect on the water quality, lake habitats, associated
biological assemblages and conservation value of these lakes [22,24,25].

In Europe, the Water Framework Directive (WFD) [26] establishes a framework for the
protection of inland and coastal waters. According to the WFD, lakes have to be classified
into five status classes (high, good, moderate, poor and bad) based on four biological quality
elements (BQEs)—phytoplankton, benthic flora, benthic invertebrates, and fish fauna. In
addition, physico-chemical elements (e.g., nutrient conditions) and hydromorphological
elements (e.g., flow conditions) are used to support ecological classification. The European
Union (EU) member states have to identify degraded water bodies (i.e., less than good
status) and to establish programmes of measures for each river basin district to reduce
significant anthropogenic pressures and achieve good water status.

A large number of lake assessment methods have been intercalibrated and included
in the European countries’ monitoring toolkits [27]. In the recent years, all of these meth-
ods have been intercalibrated (i.e., compared and harmonized) among the EU member
states [28,29]. Lake assessment methods include both primary producers, e.g., phytoplank-
ton (e.g., [30,31]), macrophytes (e.g., [32,33]), phytobenthos (e.g., [34]), and heterotrophs
such as benthic invertebrates and fish fauna (e.g., [33,35,36]).

However, two problems are still overlooked. At first, the majority of assessment
systems target nutrient enrichment, while other key pressures are largely neglected. This
is especially true regarding hydromorphological pressures, which affect a considerable
number of lakes across Europe [37]. Only few assessment systems tackle the ecological
effects of these pressures (shore degradation: [38]; water level fluctuations: [39]) and only
two of these systems have been intercalibrated among member states [36].

Second, despite the well-known differences among clear and brown-water lakes [1],
the current lake assessment systems are adopted mostly for clear-water lakes. Recently,
several studies have raised the issue that assessment systems might not be appropriate for
humic lake assessment [13,17,40]. Hence, there is an imperative need for the development
of appropriate assessment methods targeting humic lakes.

Studies on macroinvertebrates in highly humic lakes are mainly focused either on
biodiversity [41,42] or specific taxonomic groups, e.g., chironomids [43] or Coleoptera [44].
Raised bog water bodies are also known as habitats for rare and protected macroinverte-
brate species [41].

Mires and bogs cover 4.9% of the territory of Latvia [45] ranking Latvia number 9 by
the total area of peatlands among all the European countries [46]. Bog lakes are listed as
protected habitats within the EU Habitats Directive emphasizing their high conservation
value [47]. However, these lakes have been impacted by a range of anthropogenic activities,
most importantly anthropogenic drainage and peat harvesting which can lead to water
level fluctuations, loss of biodiversity and degradation of the lake ecological status [48,49].
Nevertheless, the effects of these impacts are poorly understood and there are no assessment
tools in place to assess the ecological condition of humic lakes. According to the River
Basin Management Plans (RBMPs) of Latvia, current methods reflect bog lakes at poor or
bad status, though the anthropogenic pressures are irrelevant [50]. As a result, there is a
need to develop new methods for the ecological assessment of the highly humic lakes.

The objectives of this study are (i) to explore littoral benthic invertebrate community
response to hydrological alterations in highly humic lakes; (ii) to develop a biotic index for
assessing hydrological alterations in these aquatic ecosystems.

2. Materials and Methods
2.1. Study Sites

Altogether 15 highly humic lakes were studied at seven raised bogs comprising the
national monitoring data from the Latvian Environmental, Geology and Meteorology
Centre and studies from the Institute of Biology, University of Latvia. The lakes were
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divided into two groups: lakes with altered water level due to drainage and lakes with
natural or restored hydrological regime (see Figure 1).
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Figure 1. The macroinvertebrate sampling sites and distribution of fens in Latvia. Black triangles: highly humic lakes with
altered water level; black dots: highly humic lakes with natural or restored water level.

All of the studied lakes are located in the territories included in the Natura 2000
network. In the central part of Latvia, Cena Mire and Melnais Lake Mire are represented
by the samples from five small bog lakes each. In the Cena Mire, lakes are located in
pristine areas, while in the Melnais Lake Mire—close to the peat excavation fields, thus
representing a hydrologically disturbed state. In the northern part of Latvia, sampling was
conducted in Lake Ramatas Lielezers and Lake Soku, both being with altered water level
due to outflowing drainage ditches. The water level was receded at these lakes with visible
open peat outcrops at the shoreline (see Figure 2).

Eastern part of Latvia is represented by three lakes (Pieslaista, Deguma and Orlovas)
that have an unaltered or restored hydrological regime. The water level at these lakes was
natural and not affected due to the drainage ditches or peat excavation (see Figure 3).
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Figure 3. Lake Deguma with natural water level and mire vegetation at the shoreline in May 2019.

2.2. Physical and Chemical Parameters

Waterbodies of Melnais Lake Mire and Cena Mire were sampled in May 2015 and
analyses were conducted at the Laboratory of Soils of the University of Latvia. Soku, Ra-
matas Lielezers, Deguma, Pieslaista and Orlovas lakes were sampled four times in different
seasons in 2017 and analysis was conducted at the Laboratory of Latvian Environment,
Geology and Meteorology Centre. In 2015, pH and electric conductivity (EC) were mea-
sured in-situ by using a portable pH tester (HI 98127, HANNA instruments, Sarmeola di
Rubano, Italy) and conductivity tester (The Original Dist HI 98300, HANNA instruments,
Sarmeola di Rubano, Italy). In 2017, these parameters were measured in-situ by using a
portable probe (HQ40d, Hach Companies, Loveland, CO, USA). Total phosphorus (TP)
was detected by ascorbic acid method after the digestion using potassium persulfate. Total
nitrogen (TN) samples were digested by potassium persulfate, then nitrates were reduced
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to nitrites in a Cd column and analysed spectrophotometrically. Water colour was analysed
spectrophotometrically using the Pt/Co scale [51].

2.3. Macroinvertebrate Sampling and Sample Processing

In larger lakes, sampling was conducted in a 100 m long, representative shoreline
section, while in smaller lakes sampling was conducted around all of the shoreline. Benthic
macroinvertebrate samples were taken by hand net (frame size 0.25 × 0.25 m, mesh of
0.5 mm) using the sweeping technique. A hand net was placed on the bottom parallel to
the shore, if the depth was less than 0.8 m or under the vegetation overhang at the same
depth and moved upwards over the vegetation stands to the surface. Five replicates of
0.5 m sweeps were chosen in proportion to habitat types, e.g., of stands of Menyanthes
trifoliata, Sphagnum cuspidatum, Batrachospermum turfosum, Carex spp., bare littoral, etc. At
the small lakes of Melnais Lake Mire and Cena Mire, samples were taken in May 2015.
Sampling at Soku, Ramatas Lielezers, Deguma, Pieslaista and Orlovas lakes was conducted
in May and October 2017. Additional samples were taken at lakes Soku, Ramatas Lielezers
and Deguma in May 2019.

Sampled material was washed through a sieve with a mesh size of 0.5 mm at field. All
replicates were placed in the polyethylene containers, labelled and preserved in 70% ethyl
alcohol (final concentration).

Preserved samples were washed at the laboratory; all specimens were picked out
from the vegetation, detritus and peat particles. Macroinvertebrates were identified to the
smallest achievable taxonomical (species, genera) level, excluding Oligochaeta and juvenile
Hydrachnidia. Specimens of Diptera were identified to the family level.

2.4. Data Analysis
2.4.1. Selection of Metrics

According to the WFD, the ecological quality assessment indices are required multimet-
ric consisting of composition, abundance, sensitive/tolerant taxa and diversity metrics [26].
Macroinvertebrate metrics were calculated using ASTERICS 4.0.4. software (Wageningen
Software Labs, Wageningen, The Netherlands) [52]. Numerically unsuitable metrics and
majority of the metrics specific for the lotic habitats were excluded from further analysis.
In total, 139 indices describing 52 samples from water bodies in open raised bogs were
tested for a selection of multimetric index according to requirements of the EU WFD [26].
We generally followed the procedure described by Hering et al. [53], beginning with the
reduction of dimensionality by the evaluation of each metric value distribution between
the altered and the natural water bodies.

2.4.2. Sensitivity to Stressor

Only descriptors correlating to the stressor gradient can be used in the development of
a multimetric index. We used Mann–Whitney–Wilcoxon U tests (each metric as dependent
in groups of stressor, thereinafter U test) together with boxplots and simple binary logistic
regression (groups of stressor as dependant: altered = 0, natural = 1, thereinafter binary
logistic regression (BLR)) to select only statistically significant metrics for further processing.
Metric values prior to BLR were centred by mean and scaled by standard deviation to ease
the convergence, while unscaled values were used in the boxplots and U test.

With type I statistical error rate 0.05, the U test returned 66 statistically significant
indices and BLR-44 (Table S1). All the indices found significant by BLR were significant
also by U test. As a reason for this step is the reduction of dimensionality with selection of
potentially most important indices, we did not account for possible false discoveries due to
the multiple testing. We included metrics (except life index due to specific relation to lotic
environment) found significant by both methods in further investigation of their suitability.
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2.4.3. Numerical Suitability

The multimetric index must consist of metrics that tend to describe large gradients
with possibly low skew and preferably without outliers [53]. These numeric properties can
be the best evaluated graphically if values are from the same or a similar scale. We used
the violin (density) plots with a point overlay (with stressor group indicated by a shape)
to select one to six metrics per a metric type. Before plotting, each metric was scaled by
its observed maximum value. Graphs used in evaluation are provided in Figure 4 with
14 metrics included in the further investigation marked with the dark background.
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Figure 4. The evaluation graphs of (a) composition/abundance; (b) richness/diversity; (c) sensitive/tolerance and (d)
functional metric groups of highly humic lakes.

2.4.4. Ecological Relevance

The group of experts authoring this paper evaluated each previously selected metric
to exclude possibly non-explanatory correlations and those of ecologically low meaning.
Additionally, metrics created for ecoregions other than boreal were excluded resulting in
ten metrics for further use.
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2.4.5. Correlations

Metrics with Spearman‘s correlation coefficient |≥0.8| are considered redundant
and only one of them must be used [53]. Additionally, we tried to avoid possible multi-
collinearity by selecting metrics with even lower (|≤0.6|) values [54] to obtain at least one
metric per one WFD criteria. Correlation coefficients of the selected metrics are available in
Table S2.

At this point, we decided to keep following metrics:

• For composition/abundance: abundance [ind/m2];
• For richness/diversity: Coleoptera (taxa);
• For sensitivity/tolerance: BMWP (Biological Monitoring Working Party) Score;
• For functional metrics: (%) littoral, (%) littoral + profundal, (%) profundal.

As the selected functional metrics are highly correlated both statistically and ecologi-
cally, we decided to compare three models with inclusion of every previously mentioned
metric from above and functional metrics as follows:

• (%) littoral;
• (%) littoral + profundal;
• (%) profundal.

As in every principal model where metric types have the same weights, we used the
mean value as the result for the multimetric index.

2.4.6. Scaling

To ensure that the multimetric index is limited between 0 and 1, and to avoid potential
influence of some extremely high- or low-quality sites anchoring is suggested [53]. We
used the same approach for metrics decreasing with increasing impairment, but corrected
the approach for the metrics increasing with increasing impairment to:

Value = 1—(Metric result—Lower Anchor)/(Upper Anchor—Lower Anchor). We
corrected values >1 to 1 and negative values to 0.

To ensure good spread of sites within multimetric index, we compared several anchor
values (Table S3):

• 5th percentile and 95th percentile;
• 10th percentile and 90th percentile;
• 10th percentile and 80th percentile;
• Each of the previous with prespecified values for “Coleoptera (taxa)” as 0 for lower

and 4 for upper.

2.4.7. Quality Classification

We used the quality classes in accordance with WFD demands, following suggestion
of Hering et al. [53]:

• Reference ≥0.8;
• Good ≥0.6 < 0.8;
• Moderate ≥0.4 < 0.6;
• Poor ≥0.2 < 0.4;
• Bad <0.2.

We consider an index to be the best, if natural lakes are concentrated at the reference
and good quality classes, while altered lakes are at bad- and poor-quality classes with some
mixture present in a class of moderate quality.

We used the software R 4.0.3 (The R Foundation for Statistical Computing, Vienna,
Austria) for data analysis [55]. Data processing and visualisations were performed within
the tidyverse ecosystem [56].
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3. Results
3.1. Characterisation of Chemical and Environmental Variables

The studied lakes are poly-humic lakes as indicated by high water colour values
(114–666 mg Pt/L) and low pH values (3.35–6.09). Electric Conductivity (EC) is in the range
of 21–65 µS/cm, concentrations of TN are 0.43–1.68 mg/L and TP are 0.017–0.061 mg/L.
The highest conductivity, water color and total nitrogen values were observed in waterbod-
ies of the Melnais Lake Mire (see Table 1).

Table 1. Mean annual chemical and environmental parameters at the studied highly humic lakes
(Cond—electric conductivity, TN—total nitrogen, TP—total phosphorus).

Lakes Altered Water
Level (+) Year pH Cond

µS/cm
Colour mg

Pt/L
TN

mg/L
TP

mg/L

Cenas Mire Lake 1 2015 3.93 28 124 0.95 0.017
Cenas Mire Lake 2 2015 4.44 29 144 0.99 0.020
Cenas Mire Lake 3 2015 4.49 26 114 0.90 0.019
Cenas Mire Lake 4 2015 3.75 32 189 0.83 0.021
Cenas Mire Lake 5 2015 3.46 43 304 0.92 0.020
Melnais Lake Mire

Lake 1 + 2015 3.68 65 393 1.31 0.019

Melnais Lake Mire
Lake 2 + 2015 3.53 49 402 1.25 0.022

Melnais Lake Mire
Lake 3 + 2015 3.58 44 365 1.17 0.022

Melnais Lake Mire
Lake 4 + 2015 3.43 45 505 1.36 0.017

Melnais Lake Mire
Lake 5 + 2015 3.35 48 666 1.68 0.028

Deguma Lake 2017 5.09 31 222 0.95 0.032
Orlovas Lake 2017 5.42 21 205 0.87 0.037

Pieslaista Lake 2017 5.02 36 238 0.65 0.061
Ramatas Lielezers

Lake + 2017 6.09 23 134 0.65 0.032

Soku Lake + 2017 5.88 25 130 0.43 0.035

3.2. Benthic Invertebrate Taxa

A list of benthic invertebrate taxa found in highly humic lakes is presented in the Sup-
plemental Material (Table S4). Altogether, 18,808 individuals from 106 macroinvertebrate
taxa are recorded at the studied bog lakes, of which the orders Coleoptera, Odonata and
Trichoptera have the highest species richness. Mayflies (Ephemeroptera) are represented
by four species, of which Leptobphlebia vespertina is the most widespread, missing only in
the water bodies of the Cena Mire. In the humic lakes of Melnais Lake Mire and Cena Mire,
larvae of dragonflies Leucorrhinia albifrons and L. pectoralis are recorded. These two species
are included in the Bern Convention [57] and in the Habitats Directive [47]. The highest
abundance of macroinvertebrates is recorded from waterbodies of Melnais Lake Mire and
Cena Mire, ranging from 813 to 2014 individuals per sample, while the benthic invertebrate
abundance at larger lakes ranges from 51 to 1202 individuals.

The macroinvertebrate orders Diptera and Coleoptera are the most abundant taxa
at the lakes of the Cena Mire, while chironomids dominate in lakes of the Melnais Lake
Mire. Taxonomic structure at lakes Orlovas, Deguma, Pieslaista, Ramatas Lielezers and
Soku vary due to repeated sampling in different years and seasons, generally with Diptera,
Coleoptera and Ephemeroptera as the dominant taxa. Molluscs (Gastropoda and Bivalvia)
are completely absent at the studied lakes (see Figure 5).
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3.3. Metrics

The comparison of macroinvertebrate abundance (ind/m2) between samples of bog
lakes with altered water level and those with natural water level show significant differ-
ences (p < 0.001) (Figure 6). The macroinvertebrate abundance in lakes with natural level
varies from 109 to 1202 individuals, while in lakes with altered level from 51 to 502. Similar
significant differences are found between the number of taxa varying from 9 to 22 taxa in
natural lakes and 3 to 18 taxa in altered lakes (p < 0.001). Additionally, our results show
higher values of BMWP Score at natural lakes rather than the altered ones (p = 0.002). The
BMWP values in natural lakes vary from 33 to 74, whereas from 10 to 67 in bog lakes with
altered water level. Taxa richness of Coleoptera and ETCO (Ephemeroptera, Trichoptera,
Coleoptera, Odonata) show the same significant differences between the studied lakes
(p < 0.001). Natural bog lakes are represented by 1 to 5 Coleoptera species, while in the
altered lakes 0 to 3 species are found. The number of ETCO varies from 5 to 14 species in
natural lakes while 1 to 9 species in bog lakes with altered water level, respectively. Nev-
ertheless, altered lakes are represented by taxa preferring littoral and profundal habitats
(p < 0.001) and higher percentage of Diptera (p < 0.001). Number of taxa of Trichoptera
(p = 0.023), Odonata (p = 0.009) and Heteroptera (p = 0.007) is higher at humic lakes with
natural water level.
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3.4. Multimetric Index

We found the model 2 (Figure 7) ((%) littoral + profundal and abundance (ind/m2)
and Coleoptera (taxa) and BMWP Score) with P10 and P80 anchoring and predefined
Coleoptera (taxa) anchoring to be the best classifier for the highly humic lakes.
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4. Discussion

The total number of taxa found in the studied highly humic lakes is relatively low
and similar to those of other studies [40,41]. Desrochers and van Duinen [58] noted that
the chemical constraints of humic lakes almost entirely exclude several macroinvertebrate
taxa, e.g., lumbricid worms, isopods, and snails and the low nutrient availability may limit
the presence of species with high nutrient preferences. In addition, acidity is known as a
limiting factor for many macroinvertebrate groups, e.g., freshwater snails [59], mussels [60]
and mayflies [61]. In general, macroinvertebrate species specialized on different mire
habitats are obviously able to realize their life cycle at water pH of 4.0–5.0 [62]. The
macroinvertebarte taxonomical composition and lack of molluscs indicate the peculiarities
of the studied highly humic lakes.

The invertebrate assemblage in altered lakes showed a reduced taxonomic richness,
especially in Trichoptera, Coleoptera, Heteroptera and Odonata, an increased proportion
of Diptera and an overall lower numerical abundance.

The best-performing metrics were total abundance (for composition/abundance cate-
gory), number of Coleoptera taxa (for richness/diversity category), BMWP score (for sensi-
tivity/tolerance category), and % littoral and profundal (for functional metric category).

4.1. Use of Benthic Invertebrates in Lake Ecological Assessment

In lakes, phytoplankton and macrophytes are the most widely used communities
for ecological assessment. However, in the last decades numerous systems using benthic
invertebrates have been developed, following the requirements of the WFD [36]. These
systems differ by habitat sampled (mostly littoral, but some sampled the profundal),
putative pressure assessed and metrics used.

According to the concept of multimetric approach [53,63] different types of metrics
should be included into the assessment system (composition/abundance metrics, rich-
ness/diversity metrics; sensitivity/tolerance metrics; functional metrics).

4.1.1. Sensitivity/Tolerance Metrics

Almost all lake benthic invertebrate assessment systems include some kind of sensi-
tivity index, most common are Average Score per Taxon (ASPT) index [64], Acid Water
Indicator Community (AWIC) index [65], Benthic Quality Index [66] and Fauna index [67].

Originally, ASPT and BMWP indices have been developed for river water quality
in Britain [68], however they have proved suitable for lake assessment. For instance,
Šidagytė et al. [69] have demonstrated relationships between ASPT and total phosphorus,
biochemical oxygen demand (BOD) and tropho-morphoindex in lakes of Lithuania, while
Mavromati et al. [70]—relationships between ASPT and the total phosphorus and shoreline
modification in lakes for Greece. Similarly, relationships between ASPT and eutrophication
and other pressures have been demonstrated in lakes of Denmark [71]. Currently, ASPT
index is used in the lake assessment in Denmark, Greece, Estonia, Latvia, Lithuania, Poland,
and Sweden [36] while BMWP in Hungary and Bulgaria [72]. Additionally, in our study,
we found that ASPT and BMWP differentiate between natural and altered humic lakes,
though we chose to include BMWP (p = 0.002) rather than ASPT (p = 0.45).

4.1.2. Richness/Diversity Metrics

Richness diversity metrics are the widely represented metric category in the lake
assessment: almost all the countries use some of these metrics: total taxa richness, Shannon
diversity, Margalef diversity or other. Many studies have revealed relationships between
total taxa richness/diversity metrics and different human pressures: morphological degra-
dation [73], water-level fluctuation [74], total phosphorus [70] and integrated pressure
index [71]. However, in many cases, a pooled taxa number of stressor-sensitive macroin-
vertebrate orders can be more informative: for instance, CEP taxa richness (Coleoptera,
Ephemeroptera, Plecoptera) has shown relatively strong relationships with a range of
eutrophication indicators and hydromorphological index in Lithuania, so it was included
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in the Lithuanian assessment system [69]. Similarly, number of EPTCBO (Ephemeroptera,
Plecoptera, Trichoptera, Coleoptera, Bivalvia, Odonata) taxa is used in Denmark, based
on demonstrated relationships with eutrophication pressure [71]. In contrast, we found a
significant difference in the total taxa richness, number of genera, number of Odonata taxa
and the number of Coleoptera taxa (p < 0.001) between humic lakes with natural and altered
water level. We selected Coleoptera taxa richness to include into the multimetric index.
Additionally, Šidagytė et al. [69] demonstrated strong relationship between Coleoptera
taxa richness and different pressure descriptors, both eutrophication and hydromorpholog-
ical alterations.

4.1.3. Composition/Abundance Metrics

Composition/abundance metrics are widely used in lake assessment systems, mostly
expressed as proportion (relative abundance) of specific taxa. Thus, Lithuanian and Danish
assessment systems include % COP (Coleoptera, Odonata, Plecoptera) but Greek littoral
assessment system—% of Diptera, and German assessment system—% Odonata. Several
studies demonstrated between proportion of different taxa % Gastropoda, % Odonata
and anthropogenic pressures [69,73]. We have found that % Coleoptera, % Odonata and
% Diptera differ strikingly between natural and altered lakes; however, abundance of
total community (expressed as ind/m2) was selected as a core metric due to the strong
inter-correlations between the proportion and the diversity metrics [53].

4.1.4. Functional Metrics

An alternative to species identity-based methods is the use of functional metrics based
on species traits. This approach is recommended by many studies [75–77]. However, only
few lake assessment systems include functional metrics, e.g., % abundance of feeding type
collectors, is included in Austrian and German lake assessment systems, and % abundance
of habitat type lithal in the German alpine lake assessment system. Percentage of feeding
type predators is used in Sweden to assess acidification [78]. In our study, several functional
metrics showed the difference between natural and altered lakes: % littoral, % profundal
and % littoral + profundal (p < 0.001). Percentage of organisms with littoral and profundal
preference was selected to be included in the core metrics. We assume that this group
consists of generalist organisms that might indicate the altered water level.

4.2. Assessment of Hydrological Modifications

Traditionally, lake assessment has focused on eutrophication using primary producers—
phytoplankton, macrophytes and, recently phytobenthos communities [79]. However,
hydrological alterations, e.g., regulation of lake water level for power production and flood
control is among the major anthropogenic disturbances in boreal aquatic ecosystems [80].
Several studies have demonstrated strong effects of water level fluctuations on lake biota,
mainly benthic invertebrates, fish fauna and macrophytes [39,80,81]. For instance, Aroviita
and Hämäläinen [74] showed a marked decrease in species richness of benthic macroinver-
tebrate with increasing intensity of water-level regulation, especially for Ephemeroptera,
Trichoptera, Coleoptera or Megaloptera. Similarly, changes in species composition were
reported in regulated lakes of Ireland, i.e., decrease of Crustaceans, increase of Chirono-
mids, Oligochaetes, and invasive amphipods [82] and in regulated lakes in Italy—increase
in mobile and/or feeding opportunistic taxa and decrease in sessile and/or herbivorous
taxa [83]. Additionally, Brauns et al. [84] described the decrease in Coleoptera, Odonata,
Trichoptera and functional groups of piercers, predators, shredders and xylophagous as
the potential effects of lake water level fluctuation in lakes of Germany.

Furthermore, the decrease in benthic invertebrate biomass and/or abundance in the
littoral area of regulated lakes has been reported by several studies [85–87]. However, other
studies did not find any significant effect on numerical abundance of invertebrates [82],
probably because water level regulation exerts stronger effect on the biomass of inverte-
brates than on the numerical abundance affecting larger taxa more [74].
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So far, only two lake ecological assessment systems addressed hydromorphological
alterations: Slovenian lake assessment system [38] and German assessment system for
alpine lakes [36]. However, several lake assessments include multiple pressures including
hydromorphological alterations (e.g., [69]). Similar to other studies, we found a marked
change in composition and abundance of benthic invertebrates, which further can be used
in the development of assessment systems, specifically addressing effect of hydrological
alterations in highly humic lakes.

4.3. Assessment of Highly Humic Lakes

Humic lakes constitute a considerable portion of lakes in the boreal zone [1]. However,
most assessment systems are developed for clear-water lakes characterized by neutral
to alkaline pH, low level of DOM, and water transparency depending on the number
of phytoplankton. Humic lakes differ substantially from these clear-water systems and
therefore might need different assessment methods [13,17,40]. For instance, Benthic Qual-
ity Index (BQI)—a widely used metric in the assessment of lake status in Sweden and
Finland [87] was deemed inadequate of assessment of the humic lakes as oxygen depletion
and dominance by the tolerant species Chironomus anthracinus and C. plumosus are natural
phenomena and not an effect of human impacts [17]. Further, several phytoplankton,
macrophyte and fish metrics:

(i) Classified reference lakes as impacted;
(ii) Did not differentiate between reference and impacted lakes [17].

This can be explained by the fact that humic lake communities are more tolerant to the
environmental fluctuations [88] and are less taxa-rich and diverse comparing to clear-water
communities [8]. Further, light limitation due to high level of humic substances plays
an important role in these lakes, so several widely used lake assessment parameters as
macrophyte colonization depth cannot be used in these lakes [14].

In Latvia, lake assessment system is based on number of taxa, number of EPTCBO
taxa, Shannon-Wiener diversity index, ASPT index and acidity index [89]. However, this
assessment system was not appropriate for assessment of humic lakes, as also near-natural
lakes were classified as impacted according to this system [50]. This problem was encoun-
tered also in lakes of Finland [17]. Unsuitability of certain metrics for highly humic lakes
can be solved by developing an assessment system targeted to specific human pressure
and lake types, as shown by this study. Whether this multimetric index is applicable to
humic lakes in other regions needs to be tested in future studies.
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Abstract: Invasive alien species are a major threat to biodiversity. Thus, it is fundamental to implement
control strategies at the early stages of invasions. In the framework of the Italian-Swiss Alien Invasive
Species in Lake Maggiore cooperative programme, we performed an extensive study on the occurrence
and ecology of alien crayfish, one of the most significant invaders of freshwater habitats. From April
2017 to July 2018, we inspected seventy-five sites along the coastline to verify crayfish occurrence. We
recorded, for the first time, the signal crayfish Pacifastacus leniusculus. Additionally, we found few
individuals and remains of the red swamp crayfish Procambarus clarkii, and confirmed the presence
of a consistent population of the spinycheek crayfish Orconectes limosus. Given the high number of
O. limosus’ individuals found, it was possible to perform in-depth biometric and ecological analyses
for this abundant species only. We observed no significant differences of biometric measures between
males and females of O. limosus. We explore its habitat preferences with a generalized linear model,
detecting a significant relationship between mean annual temperatures and the presence of shelters
of this species. These results, together, have direct implications for planning rapid management
response actions on alien crayfish in large and deep lakes.

Keywords: lakes; invasion biology; non-indigenous species; Procambarus Clarkii; Pacifastacus Leniusculus;
Orconectes Limosus

1. Introduction

Invasive Alien Species (IAS) are regarded as one of the major drivers of the global biodiversity
decline [1–3]. They impact native species and ecosystems, but also the human society, by threatening
Nature’s Contribution to People (NCP) and causing economic and cultural damages [4]. In Europe,
crayfish represent the most frequent freshwater invaders, responsible for local extinctions of native
species, damage to freshwater resources, as well as to productive activities [5,6]. Their introduction
is a serious threat to these key habitats [7], which are usually already compromised by several
anthropogenic stressors including chemical pollution, climate change, and water derivations and
withdrawals [8,9]. The spread of IAS is a further impeding factor that limits the effectiveness of
protection, vanishing the areas of concern management, and the restoration strategies [10]. In Europe,
there are at least eight species of alien crayfish, introduced intentionally or accidentally during the
nineteenth and twentieth centuries [11]. Five of these species are considered of Union Concern [12]:
Orconectes limosus (Rafinesque, 1817), O. virilis (Hagen, 1870), Pacifastacus leniusculus (Dana, 1852),
Procambarus clarkii (Girard, 1852), and Procambarus fallax (Hagen, 1870) f. virginalis.

During the last 50 years, Italian lakes and rivers have been heavily affected by anthropogenic
pressures, including the arrival of neobiota that have altered the native communities [13,14], and have
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caused major impacts on the environment, as well as on socio-economic activities. Due to the complexity
of their food webs structures and their socio-economic relevance, deep lakes deserve to be studied using
deeper and articulated approaches than the standard routine (Water Framework Directive 2000/60/EC),
in order to obtain a more nuanced understanding of their short- to long-term evolution.

Lake Maggiore is a large and deep lake of fluvio-glacial origin located on the southern side of the
Western Alps, straddling the Italian-Swiss border. Over the past century, the catchment area of the lake
has been interested by intense urbanization and industrial activities, which contributed to chemical
and organic pollution of lake waters. In the past, eutrophication was one of the primary impacts to the
lake ecosystem [15], followed by the rise in temperature of 1.4 ◦C in the upper 30 m depth (historical
period 1965–2010). The synergistic effect of these two factors resulted in the extension of the epilimnion
at lower depth and an increase in harmful cyanobacteria blooms frequency [16]. All these changes
also favoured IAS arrival and acclimatization in the lake [17–20]. Two species of alien crayfish are
reported to inhabit the lake: The red swamp crayfish Procambarus clarkii [21] and the spiny-cheek
crayfish Orconectes limosus [22]. Since the 1970s, the lake has been included in the monitoring program
of the International Commission for the Protection of Italian-Swiss Waters (CIPAIS), which provides
periodic monitoring of biological (phyto- and zooplankton, fish) and of physical-chemical parameters
along the water column. Using this lake as a model system, in 2017 the project “Alien Invasive Species
in Lake Maggiore” (SPAM) began, aiming at documenting the occurrence, the spatial distribution,
and the abundance of alien macrophytes, crayfish and bivalves along the lake shores.

Within the SPAM framework, we conducted an extensive monitoring of the coastline of Lake
Maggiore, aiming to identify the occurrence of alien crayfish. Once we identified the resident crayfish
within the lake, we conducted an in-depth analysis focused on the most abundant species, to shed light
on its natural history and autoecology. Specifically, we acquired biometric data on O. limosus in order
to describe population size and variation in body traits, across the different life stages, and we studied
the most important drivers of its spatial distribution. Building upon this evidence, our over-arching
goal is to provide indications for the long-term management strategies to control alien crayfish in
Lake Maggiore.

2. Materials and Methods

2.1. Study Site

Located in NW-Italy, Lake Maggiore is the second Italian lake by extension (area of 212 km2,
maximum depth 370 m, volume of 37.5 km3) [17]. Its surface area partly belongs to the Italian territory
(80%), and partly to Switzerland (20%), while its catchment (6599 km2) is roughly equally divided
between the two Countries. Due to the presence of the Alps, the local climate is characterised by high
mean annual precipitation (1658 mm; reference period 1981–2018), with increasingly frequent extreme
events primarily concentrated in the last 20 years [23].

2.2. Sampling Procedures

We monitored the whole coastline of Lake Maggiore for the occurrence of alien crayfish. In 2017,
we carried out preliminary inspections to record the environmental features of the shorelines and
to develop a standardized sampling protocol. We set the minimum distance between two different
recording stations at 1.5–2 km along the coastline, to cover the entire perimeter of the lake (Figure 1),
for a total of 75 sampling stations. We evaluated the following environmental features: type of
substrate, dominant vegetation of the banks and of the shores, and the presence of native and alien
crayfish (traces, burrows, remains, or live individuals). We classified the type of substrate basing
on their granulometry as sand/silt (particle size < 1 mm), pebbles (particle size range 2-256 mm),
and boulders (particle size > 256 mm) [24]. We assessed the occurrence of alien crayfish by visual
encounter surveys [25] in the sites visited for preliminary inspections. We standardize research efforts
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by setting visual assessment time at 20 min/site [25]. In parallel, local fishermen were interviewed to
gain anecdotal data on the distribution of the species.
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In a second step, we selected eight sites on both eastern and western lake sides, to confirm the
previous findings and for a deeper investigation through trapping, by drawing an imaginary line
of representative sites along the north-south axis of the lake. We carried out sampling procedures
tailoring the protocol described in Tricarico and coauthors [26] to a deep and large lake, placing 25 wire
mesh double entrances cylindrical traps (30 × 60 cm) for each site, at a regular distance of ca. 10 m
to one another. We used approx. 20 g cat food/trap as a bite to attract crayfish. We checked and
removed traps after 24 h to: (i) Avoid wounds and cannibalism phenomena between individuals due
to an excessive permanence; (ii) allow the release of by-catches; (iii) avoid the removal of traps by
unauthorized personnel.

2.3. Biometric Analysis

We identified crayfish taxonomically according to Mazzoni and coauthors [27] and Souty-Grosset
and coauthors [28]. For each captured specimen, we recorded: (i) sex; (ii) total body length (Ltot,
from the tip of the rostrum to the tip of the telson); (iii) length of the cephalothorax (Lcft, from the tip
of the rostrum to the end of the carapace); (iv) total individual weight (Wtot); (v) presence and number
of eggs in ovigerous females. Crayfish belonging to the species O. limosus were divided in age/size
classes [29] (Table 1):
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Table 1. Age-size classes of Orconectes limosus according to Pieplow [29].

Age Body Length (mm)

0+ Up to 40–65
1+ 65–80
2+ 80–95
3+ 95–110

2.4. Statistical Analyses and Models

We performed all analyses in R software, version 2.13.2 [30]. Orconectes limosus was the only
abundant species recorded along the lake shores, and thus, all in-depth analyses refer to this species.
We tested the differences in biometry using a Student’s t-test, taking into consideration the effect of size
classes, and comparing present-day biometric data with historical data available in Bazzoni [22]. We
graphically compared data using density plots in ggplot2 [31].

To understand environmental preferences of the species, we obtained present-day climatic data
on average annual temperatures, maximum annual temperatures, and minimum annual temperatures
from WorldClim 2 [32], all variables at a resolution of 30 arc-sec (ca. 1 km at the equator). We derived
precipitation data from daily surveys of Lake Maggiore catchment areas used for the preparation of
reports for CIPAIS (http://www.cipais.org, accessed on 13 May 2020) and related to the seasonality
preceding the sampling period (December 2016–December 2017). We then stacked these environmental
variables in a single raster and extracted the climatic conditions for each sampling location.

We defined the habitat preferences of O. limosus using regression-type analysis (generalized linear
model; GLM) [33]. In contrast to univariate analyses, the use of GLM allowed us to account for the
combined effect of explanatory variables as well as potential interactions [33–35]. Given the low
abundance of individuals detected in each sampling site (ranging 1–3 individuals), we expressed
counts as presence/absence (i.e., Bernoulli distribution 0–1). Thus, we modeled the probability of
occurrence rather than abundance values.

Prior to model fitting, we explored the dataset following the protocol for data exploration by
Zuur and coauthors [34]. We checked for the presence of outliers using Cleveland’s dotplots and we
investigated multi-collinearity among continuous covariates using pairwise Pearson correlation tests
(r), setting the threshold for collinearity at |r| > 0.7. We inferred the associations between categorical
and continuous covariates graphically, with boxplots. Finally, we used coplots to explore possible
interaction among covariates.

We developed Bernoulli GLMs in R [30] using a complementary log-log link function (clog-log) as
recommended in Zuur and coauthors [35] for datasets with unbalanced presence/absences data (in our
case, ~70% observations were absences). Once we fitted the initial model, including all covariates and
interactions of interest, we applied model selection [36,37]. We carried out model reduction (backward
elimination) on the full model by sequentially deleting terms according to corrected Akaike criterion
for finite sample size (AICc) values [38]. We reiterated the reduction process until a minimum adequate
model remained, namely the best model supported by observations that avoided overfitting [39].

3. Results

3.1. Occurrence of Alien Crayfish

We confirmed the occurrence of three alien crayfish in Lake Maggiore. The map of distribution is
presented in Figure 1. We recorded the occurrence of the signal crayfish Pacifastacus leniusculus for the
first time in Lake Maggiore (Canton Tessin, Switzerland) based on three specimens collected in Tenero
(Mappo and Rivapiana Minusio) by a professional fisherman [27]. The species was not found in the
Italian side of the lake.
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We detected a live individual of the red swamp crayfish Procambarus clarkii (Palude Bruschera
Nature Reserve SCI IT2010015-Lombardy, Italy), while we found only remains in two Dormelletto sites
(Piedmont, Italy).

As anticipated in the methods, O. limosus was the most abundant invasive crayfish (Figure 1). We
found alive specimens in 13 sites along the central-southern Italian shoreline (17.3% of investigated
sites), while in 7 additional sites we confirmed the species presence through remains (9.3% of sites).

3.2. Biometric Analyses and Population Size Structure of O. Limosus

We collected a total of 238 specimens of O. limosus, 72% males and 28% females. A total of
157 crayfish were collected through trapping in 3 out of 8 selected sites (66% of total individuals). In the
other five sites there were no stable populations. A summary of biometrics is available in Table 2.

Table 2. Body size measures. Distribution range (minimum, maximum, mean, and standard deviation
values) for the main biometric features for Orconectes limosus. Wtot: n = 227, Ltot and Lcft: n = 238.

Sex
Total Body Lenght Total Weight Cephalo-Thorax Length

L min L max L mean W min W max W mean CL min CL max CL mean

M 3.94 10.57 6.66 ± 1.19 1.75 27.20 10.07 ± 5.37 1.3 4.54 3.15 ± 0.73
F 3.04 9.88 6.86 ± 1.71 0.80 30.43 11.30 ± 7.47 1.1 4.89 3.24 ± 0.98

Total M+F 3.04 10.57 6.71 ± 1.35 0.80 30.43 10.41 ± 6.03 1.1 4.89 3.18 ± 0.80

We observed no significant differences between males and females for either cephalothorax length
(t = −0.72, p > 0.05), total length (t = −1.01, p > 0.05), or weight (t = −1.39, p > 0.05), even within size
classes (Figure 2).
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The comparisons of data acquired in this study with the ones collected in 2006 by Bazzoni [22], 
highlighted a significant difference both in total body length (t = 14.66, p < 0.001) and total weight (t 
= 13.36, p < 0.001), and, in the former case, the observed difference is ascribable also to sex (t = −2.19, 
p = 0.03) (Figure 3). 

Figure 2. Boxplots showing variations in total body length (a) and cephalotorax length; (b) among age
classes of Orconectes limosus in Lake Maggiore. Grey dots are observed values used to calculate each
boxplot. A random noise (jitter) is applied to aid visualization of otherwise superimposed dots.

The comparisons of data acquired in this study with the ones collected in 2006 by Bazzoni [22],
highlighted a significant difference both in total body length (t = 14.66, p < 0.001) and total weight
(t = 13.36, p < 0.001), and, in the former case, the observed difference is ascribable also to sex (t = −2.19,
p = 0.03) (Figure 3).
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Figure 3. Comparison between 2017–2018 (grey) and 2001–2004 (purple) data [22] on body length of
females (top) and males (bottom) of Orconectes limosus in Lake Maggiore. Histograms represent the
observed values, whereas the smoothed line is the kernel density estimate of the distribution.

In Spring 2018 (betwen 27th April and 30th May), ten ovigerous females were captured in two sites
(Dormelletto and Lisanza) in four different sampling sessions. Females measured between 50.4 mm
and 78.6 mm (mean number of eggs/female: 72)

3.3. Influence of Environmental Factors on O. limosus Distribution

Following data exploration [34], we dropped from the regression analysis the variable average
precipitation, warmer temperature, and colder temperature, being mutually collinear (|r| > 0.7) and also
associated with the categorical variables of shelter presence. No outliers were present in the dataset.
Coplot revealed a potential interaction between mean annual temperature and the presence of shelters,
which we incorporated in the initial regression structure.

The initial model included substrate type (Substrate), presence of algae (Algae), presence of
macrophytes (Macrophytes), and presence of shelters in interaction with mean annual temperature
(Shelters * Tmean).

According to model selection (Table 3), the most appropriate model structure supported by the
observations explaining the habitat preference of the alien crayfish had the following structure:

y ~ Tmean * Shelters (1)

Table 3. Model selection according to the corrected Akaike information criterion for finite sample size
(AICc [35]). Model are ordered from the least to the most appropriate. df: degrees of freedom, ∆AICc:
difference of AICc, wi (AIC): Rounded Akaike weights sensu Burnham & Anderson [33].

Model Structure Df AICc ∆AICc wi(AIC)

y ~ Tmean * Shelters + Substrate + Algae + Macrophytes 8 74.00 5.27 0.02
y ~ Tmean * Shelters + Algae + Macrophytes 6 70.27 1.54 0.18
y ~ Tmean * Shelters + Macrophytes 5 68.81 0.08 0.38
y ~ Tmean * Shelters 4 68.73 0.00 0.40

The significant interaction (Tmean * Shelters, estimated β ± s.e. = −6.66 ± 3.02, p = 0.02) reflects a
differential response to mean annual temperature (Tmean = 4.89 ± 2.23, p = 0.02) depending on the
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presence or absence of shelters (Shelters = 80.97 ± 36.09, p = 0.02). The probability of presence of the
species increased positively with increasing mean annual temperature in habitats lacking shelters,
whereas the trend was flat to slightly negative in areas with shelters (Figure 4).
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Figure 4. Predicted relationships between the presence-absence of Orconectes limosus and the mean
annual temperature in interaction with the presence of shelters. Shaded grey surfaces are 95% confidence
intervals. Blue dots are observed values.

4. Discussion

We documented the occurrence of three alien crayfish species in the deep subalpine Lake Maggiore:
Pacifastacus leniusculus, Procambarus clarkii, and Orconectes limosus. Concerning the first species, this is
the first record in Lake Maggiore. In Switzerland, P. leniusculus was introduced around 1980, although
it showed a scattered distribution [40]. In 2007, one specimen was also found in Canton Tessin, in a
tributary of the lake near Minusio [41]. These authors hypothesized that the finding was linked to an
occasional introduction, and argued that the species was still not of concern. The specimens from our
study were found in 2015 (one individual) and in 2017 (two individuals), and were reported by a local
fisherman in the lake zone beyond Tenero/Mappo and Rivapiana of Minusio. This is suggestive of an
on-going process of acclimatization of the species on the littoral shores of the lake standing Minusio’s
river tributary. However, as low water temperature seems to be the major predictor that determines
the abundance of the signal crayfish (12.7 ◦C) [42], the cold waters of the lake recorded during winter
seasons (average winter temperature 3.9 ◦C, data available at www.cipais.org could prevent, or slow
down, its spread. Further analyses are needed to clarify this aspect.

The species P. clarkii has been regularly found in Lake Maggiore since 2016, although records are
only anecdotal [21]. This species is recognized as the most successful IAS in Italy [43]. Procambarus clarkii
is considered a typical inhabitant of warm waters, being tolerant to water eutrophication and
mineralization [44]. Notwithstanding suitable environmental features for its establishment are present
in the lake, and the fact that a stable population have been reported for the nearby Lake Orta [45],
our data suggests that the species is not widespread in Lake Maggiore yet. Delmastro [21] reported
observations from researchers and operators of the Environmental Agencies during monitoring
activities in the lake, but its occurrence is seemingly linked to the presence of waterways, such as
tributaries or outlet of the lake. Local fishermen, who were interviewed, confirmed this tendency.
At present, no record is available for the lake side representing the Verbano-Cusio-Ossola province.

A thorough population analysis was possible only for O. limosus. In Italy, the species in known since
1991 [46], when it was accidentally introduced from Poland. Currently, it is widespread particularly in
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the Po Plain [43]. In Lake Maggiore, it was firstly reported by Bazzoni [22], who found specimens in the
Borromean Gulf on the central part of the lake. Our results demonstrate that O. limosus occurs mainly
on the central-southern part of the lake, near the River Ticino outlet connecting the lake to the Po Plain.
In a previous paper, focused on the spatial dynamic of invasion and on the establishment of the invasive
bivalves Corbicula fluminea Müller, 1774 in the lake, Kamburska and coauthors [20] hypothesized that
this mollusc initially settled in the southern basin of the lake, starting from populations established
in the River Ticino outlet [47]. Quite possibly, we are observing a similar invasion dynamic, i.e.,
the spread of the species from the River Ticino lake-outlet to the southern and northern district of the
lake. Bazzoni [22] reported that the population was changing during the monitoring period, observing
a decrease in the number of individuals in the Fondotoce Nature Reserve from 2000 to 2004. In the
Nature Reserve, we never detected the species, both through visual census or trapping sessions in
two consecutive years. Tentatively, we suggest that its decrease in the area is linked to the presence of
a large Grey Heron (Ardea cinerea) colony near the Reserve (Figure 5). Indeed, terrestrial predators
such as herons, belonging to Butorides and Ardea genera, have been demonstrated to caused little
crayfish mortality in deep areas, but can rapidly consume both small and large crayfish exposed in
shallow areas [48]. Unfortunately, the heronry is outside the Nature Reserve, on the opposite side of a
nearby congested road that is periodically subjected to side tree cutting. Further studies are required
to understand the effectiveness of bird predation on the population of O. limous. However, since these
ardeids (species included in the Bird Directive 2009/147/EC) can consume a large amount of crayfish,
we suggest that the heronry of the Fondotoce Nature Reserve to be included in under the umbrella of
protection of the Site of Community Importance (SCI).Water 2020, 12, 1391 9 of 13 
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Concerning biometrics, we did not find a significant difference between males and females for
total body length and total weight. Although sexual dimorphism is widely diffused in Decapods [49],
this has not been fully demonstrated for O. limosus. Pieplow [29] did not distinguished between males
and females in total body length. Dŭriš and coauthors [50] found a difference in the total body length
between sexes, but males were larger than females in brooks and isolated waters, and smaller in
large rivers. Pilotto and coauthors [51], who observed a similar biometry in O. limosus populations in
the nearby Lake Varese, did not found significant differences in cephalotorax length between sexes,
observing differences only within age classes. These differences in findings are probably related to a
unique feature of the females of this species: similarly to the conspecific males, they undergo significant
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cyclic changes in size, producing larger chelae, abdomen, and body dimensions, especially during the
moult to form I (i.e., when an adult crayfish changes from a sexual inactive to a sexual active form) [52].

Differences in biometry and size classes, between present and past results available for the Lake
Maggiore [22], can be linked to the different trapping method employed in the present time respect
to the past (2001–2004). We employed traps with a mesh size of 1 cm2, allowing us to catch also
young-of-the-year individuals, while Bazzoni [22] employed traps with meshes of 4–5 cm, unsuitable
for catching small-sized individuals (Figure 3).

Concerning the environmental factors affecting crayfish distribution, we found that, in the
absence of shelters, the probability of occurrence of O. limosus increases with the raise of mean annual
temperatures. This result suggests that the species succeeds in warmer areas, while in presence of
refugees, there is not a specific selection of areas to be colonized. Thus, the lack of suitable refuges may
be a strong limiting factor for the species spread in absence of optimal climatic conditions, as confirmed
for the species P. leniusculus [53]. This result is in accordance with general studies on the ecological
drivers of invasive crustaceans, such as crayfish [53–55] and crabs [56], pointing out the crucial role of
climate in determining the successful outcome of biological invasions.

It is interesting to note that we did not found any specimen in the northern part of the lake.
The substrate along the coasts changes along the south-north axes from sandy beaches, mixed with
gravel and algae formations in the southern part, into rocky cliffs in the central part of the lake,
to beaches with boulders in the northern part. The boulders were settled in by humans to create narrow
beaches for tourists and as docking sites for small boats. However, the substrate was not a significant
factor in our regression model, and was dropped through model selection. This result contrasts with
previous observations on other crayfish species, where significant relationships between granulometry
and species abundance were observed [42,57].

The finding of few ovigerous females in April and May 2018 indicate the Lake Maggiore as a
potentially suitable reproductive site for the species. Furthermore, according to the structure of age/size
classes based on the classic work of Pieplow [29], females were between the first and the second year
of life. This is contrasting to previous observations [58,59], which suggested that females reach sexual
maturity from the second year of life.

From a methodological point of view, we support the efficiency of visual inspection for the
detection of crayfish [25,60] to be used as a complementary tool of traps. By setting a standard time for
preliminary inspection through visual survey, we were able to verify 75 sampling points for a total of
170 km of inspected shoreline in a reasonable time. Moreover, only through inspections we were able
to assess the occurrence of P. clarkii, as this species never felt into traps. Although the method is not
without bias [25], visual encounter survey is an effective and inexpensive approach to screen for the
presence of alien crayfish from large lakes.

5. Conclusions

The Invasive Alien Species in Lake Maggiore monitoring project was a pilot study that allowed
us to detect the occurrence of three alien species in this large subalpine lake, and to shed some light
on the autoecology of the most abundant species, O. limosus. The recovery of these species of Union
Concern raises important conservation issues that need to be addressed. The finding of P. leniusculus
in the Swiss part of the lake is worrisome because of the proximity of the Bolle di Magadino Nature
Reserve, and of several source population of the native Austropotamobius pallipes in the lake catchment.
Moreover, the alien species, observed in this study, not only compete with the native fauna, but are
also the primary vectors of the oomycetes Aphanomyces astaci Schikora 1906, the causative agent of
the crayfish plague [61]. We suggest that Italy and Switzerland should agree on concrete actions to
prevent the spread of crayfish by intensifying trapping sessions in the spring reproductive period.
Further investigations are needed to understand the ecology and the behavior of invasive crayfish,
in particular, concerning their vertical distribution in relation to depth and the possible interaction
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with natural predators such as fish and ardeids. Altogether, the evidence may contribute to reducing
the level of uncertainty of environmental management actions to be proposed at the catchment scale.
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Abstract: This study aims to evaluate the anthropogenic pressure in the St. Lawrence River by
assessing the relationships between composition and chemical contamination of sediments and
macroinvertebrate community structure using a selection of indices and metrics. The aims of this
study are to (i) determine the composition of macroinvertebrate community in sediments across a
gradient of disturbance, (ii) select relevant macroinvertebrate indices and metrics for the assessment
of sediment quality, (iii) investigate whether responses of selected indices and metrics differ across
habitats and/or sediment quality classes, and finally, (iv) determine the thresholds for critical
contaminants related to significant changes in the most relevant indices and metrics. Organic and
inorganic contaminants as well as other sediment variables (sediment grain size, total organic carbon,
nutrients, etc.) and macroinvertebrate assemblages were determined in 59 sites along the river.
Fourteen macroinvertebrate indices and metrics, on the 264 initially selected, were shown to be the
most effective to be used in bioassessment for the St. Lawrence River. However, the variation in
macroinvertebrate indices and metrics remains strongly explained by habitat characteristics, such as
sediment grain size or the level of nutrients. There is also an influence of metals and, to a lesser
extent, organic contaminants such as petroleum hydrocarbons. The 14 selected indices and metrics
are promising bioassessment tools that are easy to use and interpret in an environmental assessment
of sediment quality in the St. Lawrence River.

Keywords: bioassessment; macroinvertebrates; indices and metrics; sediment quality; St. Lawrence River

1. Introduction

According to the requirements of the European Water Framework Directive [1,2], the Canadian
Aquatic Biomonitoring Network (CABIN; [3]), and the U.S. Environmental Protection Agency [4],
macroinvertebrates have been commonly used for the bioassessment of anthropogenic disturbances
in rivers because they are (i) reliable bioindicators of water and sediment qualities [5,6], (ii) efficient
and cost-effective biomonitoring tools [7,8], and (iii) useful to differentiate reference conditions from
impaired sites [9,10]. In streams and small rivers, studies showed that the structure of the benthic
macroinvertebrate community reflects the impacts of anthropogenic disturbances such as water
acidification, organic pollution, metal contamination, and habitat degradation [11–14]. In large rivers,
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changes in the macroinvertebrate community are related to multiple environmental factors [15],
including changes in habitat vegetation [16,17], water-level fluctuations [18], water quality [19,20],
sediment grain size and contamination [21–23], and human disturbances [24].

Bioassessment approaches comparing reference and disturbed sites are designed to determine
whether poor water or sediment qualities are stressing the macroinvertebrate community beyond
the range of natural variation [25,26]. However, this is a difficult task due to the complexity of river
ecosystems and the interaction of multiple factors which limit the possibility to predict the overall
responses of macroinvertebrate assemblages to environmental changes, either natural or anthropogenic.
Difficulty to find reference sites in large and complex rivers under significant anthropogenic stressors
is another problematic issue that further limits bioassessment. Approaches comparing sites on a
disturbance gradient are now more suitable for bioassessment in rivers because they help to establish the
relationships between macroinvertebrate community structure and natural environmental conditions
and anthropogenic stressors [6,23].

Over the past 20 years, 60% of the biological indicators used to assess ecological quality of rivers
were based on macroinvertebrate communities [27]. A myriad of indices and metrics have been
applied in bioassessment approaches to establish the various sensitivities of macroinvertebrates to
different types of disturbances. However, the development of most suitable macrobenthic indices and
metrics for the bioassessment of the ecological quality status of rivers and lakes is still in progress.
The first indices that come to mind are the diversity indices and metrics based on taxon richness,
used since the eighties. However, their relevance has been discussed [28] because taxon richness
and diversity indices depend more on geographical, climatic, historical, and ecological factors than
on the direct impact of anthropogenic stressors, except in the case of extreme physical or chemical
disturbance. Diversity indices and metrics alone are no longer recognized as relevant tools in
biological assessment [29] but they could be included such as multimetric STAR-ICM index in small,
lowland rivers in Europe [30]. Biotic indices combining richness and abundance of sensitive or
tolerant taxa were more successful in detecting ecological changes among sites and the effects of
anthropogenic stressors in rivers [31], lakes [32] and ponds [33]. Among the indices used to assess
stressor-specific disturbances, we can cite: (i) the saprobic index [8,34] and the Hilsenhoff index [35,36]
for organic pollution, (ii) the Index of Community Sensitivity (ICS, [22]) or the Invertebrate Community
Index (ICI, [37]) for water quality and sediment metal contamination. More complex integrated
monitoring based on multimetric procedures has recently been implemented for biological assessment
in Europe [12,20,38,39] and North America [22,24,37,40]. These procedures allow the selection and
aggregation of metric scores in a single index that helps to determine whether action or restoration is
needed and simplify management and decision-making. Successful multimetric score procedures have
been validated for river pollution surveys. As examples, we can cite: (i) the Biological Monitoring
Working Party (BMWP) used in Spain [41], the UK [12], Poland [27], and Canada [42], (ii) the Index
of Biotic Integrity (IBI, [43]) and the Panel Index [40] used in the USA, (iii) the Belgian Biotic Index
(BBI, [44]) or the Multimetric Macroinvertebrate Index Flanders (MMIF, [12]) used in Belgium, and
(iv) the Macroinvertebrate-Based Multimetric Index (IBMA) applied in Martinique and Guadeloupe
territories [39]. In Canada, multimetric indices have been developed to assess sensitivity of benthic biota
to river flow regimes [45] and water quality [42]. However, in Canada, there are still few developments
towards a multimetric approach using macroinvertebrates to assess sediment contamination in large
rivers compared to those in other countries [15,24,46,47]. The future needs for the development of
sediment bioassessment methods in large rivers include: (i) the selection of relevant macroinvertebrates
indices and metrics based on ecological principles underlying metric choice for specific disturbances,
(ii) the validation of the potential of indices and metrics to discriminate sites according to a gradient of
environmental conditions and disturbances, and (iii) the determination of criteria and management
thresholds that indicate environmental degradation and the need for quantitative assessment studies
and remediation projects.
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The present research focuses on the St. Lawrence River (QC, Canada), one of the most important
large rivers in the world draining a watershed area of 1,610,000 km2 and flowing across 1000 km
from Lake Ontario to the Gulf of St. Lawrence. Since the 1950s, intensive agriculture, urbanization,
and industrialization have caused the contamination of sediments in the St. Lawrence River [48].
Macroinvertebrates are a critical component of the wetland and sediment food webs in the St. Lawrence
River [18]. Previous studies showed that their distribution, community composition and functional traits
vary according to ecological and toxicological factors such as vegetation types (filamentous algal mats,
emergent and submerged macrophytes) [16], water quality and sediment contamination [17,23,37,49],
landscape features and hydrological regime [18]. However, most of these studies were limited to
littoral wetland habitats or to specific approaches based on species assemblages and functional traits.
Since macroinvertebrates can be impacted by sediment contaminants, their biomonitoring is required
to complete the contamination assessment, to evaluate the ecotoxicological risk, and to determine
the remediation needs at sediment-contaminated sites in the St. Lawrence River. This large river is
also an essential transportation route in northeastern America, and periodic dredging of sediment is
required for the maintenance of the waterway and harbour facility. Because dredged sediments may
contain a range of contaminants that could affect benthic organisms at deposit sites, environmental
risk assessment and management of these dredging projects are required to determine sediment
quality [50].

No study has yet compared the potential of multiple indices and metrics to assess specific
stressors such as sediment dredging and contamination across the fluvial section of the St. Lawrence
River. The objectives of this study are as follows: (i) determine the composition of macroinvertebrate
community in sediments of typical habitats across a gradient of disturbance, (ii) select relevant indices
and metrics from a panel of macroinvertebrate indices and metrics based on their ecological relevance
for the assessment of sediment quality and contamination and on their potential for large river
ecotoxicological risk assessment, (iii) investigate whether sensitivity of selected indices and metrics
differ across habitats and/or sediment quality classes, and finally, (iv) determine the thresholds for
critical contaminants related to significant changes in the most relevant indices and metrics.

2. Materials and Methods

2.1. Sampling Sites at the St. Lawrence River

The study covers a 240 km longitudinal transect of the fluvial section of the St. Lawrence River
including three fluvial lakes (Lake Saint-François, Lake Saint-Louis, and Lake Saint-Pierre) and the
Montreal Harbour area (Figure 1). Sampling sites were in sedimentation zones impacted by fine-particle
deposition, potential dredging, and past or present point sources of anthropogenic contamination [23].
A total of 59 sites were distributed among the different habitat zones and sampled during the fall of
2004 and 2005, because it is the period of higher biomass in the St. Lawrence River [17,23]. Ten sites
were sampled in Lake Saint-François (LSF), the first natural enlargement of the St. Lawrence River
downstream of Lake Ontario. This fluvial lake is relatively oligotrophic, shallow and covered with
submerged macrophytes over most of its western section [37]. Its sediments were polluted by organic
and metallic contaminants during the 1950–1980 period [48]. Twenty-one sites were sampled in Lake
Saint-Louis (LSL), which receives waters from the Ottawa River in the north shore and from the St.
Lawrence River in the south shore. In this fluvial lake, the waters and sediments of the north shore
are enriched with organic carbon while those of the south-shore were polluted by metals, particularly
mercury from industrial point sources in the 1960–1970 period [51–53]. Fifteen sites were sampled
in Lake Saint-Pierre (LSP), the largest fluvial lake of the St. Lawrence River, 100 km downstream
of Montreal. This large shallow lake is divided by the deep waterway, separating the north and
south water masses. Three quarters of the lake area are covered with emergent and submerged
vegetation, forming large wetlands inhabited by macroinvertebrates [16,17]. On the south shore,
plumes from two rivers draining dairy farms and farmlands are point sources of nutrient and pesticide
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pollution, inducing the proliferation of benthic cyanobacteria [54]. Finally, thirteen sites were sampled
in the Montreal Harbour area (MH), and downstream towards the Montreal municipality wastewater
discharge plumes. The sediments in this area are the most heavily altered by organic and inorganic
pollutants, and physical stress by regular maintenance dredging. All together, these sites represent the
common habitats encountered in the fluvial section of the St. Lawrence River and cover a wide range
of environmental conditions across a gradient of disturbances.
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Figure 1. Sites sampled on four habitat zones across the fluvial section of the St. Lawrence River,
including the three fluvial lakes and the Montreal Harbour area (from Figure 1, in [23,49]).

2.2. Sediment Sampling and Analysis

Twenty to twenty-five litres of surface sediments were collected using a Shipek grab sampler
(400 cm2) at each site and placed in clear polyethylene bags. In the field, sediment samples were kept
on ice in containers for 24–30 h and thereafter stored at 4 ◦C in a cold chamber at the laboratory [23].
Up to 2 days after sampling, each sediment sample was manually homogenized and sieved through a
2 mm mesh size to retain coarse material prior to chemical analysis. The sediment analyses followed
standard Quality Assurance and Control (QA/QC) protocols (see Table S1, Supplementary Materials for
specific methods and detection limits in [49,50]). A wide range of sediment characteristics such as pH,
total and dissolved organic carbon contents (TOC, DOC), particle grain size (% of sand, silt, clay, gravel)
as well as the concentrations of nutrients, metalloids, metals and organic chemicals were analyzed (see
Table S1, Supplementary Materials). Based on the sediment quality criteria established in the province
of Quebec (Canada) for the remediation framework of contamination sites, the sediment in each
site was classified into three quality classes (Table 1) according to the highest classification observed
among all contaminants covered by the criteria [55]. Class 1 represents better sediments quality with
all contaminants below the level of probable effect (PEL). Class 2 represents intermediate sediments
quality with at least one contaminant between PEL and frequent effect levels (FEL). Class 3 represents
lower sediments quality with at least one contaminant at a concentration higher than FEL. Class 3
sites were also divided into A and B categories according to whether the sites were contaminated
and also under physical stress and degraded habitat (A: most of the Montreal Harbour sites) or only
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with historical contamination (1960–1980), without recent physical anthropogenic stress and better
habitat condition (B: some of the sites in fluvial lakes). Sediment Class 1 includes 2 LSF, 9 LSL, 12 LSP
and 2 MH Montreal wastewater sites. Sediment Class 2 includes 5 LSF, 4 LSL, 3 LSP and 2 MH sites.
Sediment Class 3 includes 3 LSF, 8 LSL, 9 MH and no LSP site (Table 1, see Figure 1 for location sites).
Spatial patterns in sediment quality classes reflect the gradient of disturbances. LSP sediments were
generally of higher quality (Class 1 and Class 2). LSF sediments were also mostly of higher quality
(Class 1 and Class 2) with only 3 sites in Class 3. LSL sediments were distributed in all classes, mostly
in Class 1 and Class 3. LSL sites of Class 3 (considered for remediation) were in the south shore near a
historical point source (River St. Louis) of mercury contamination [51]. Most of the MH sediments
were of poor quality (Class 3) except for 2 sites in Class 2. In the 2 sites in the Montreal wastewater
plume (PM8-PM9), sediments were of good quality (Class 1).

Table 1. Application of the sediment remediation framework and number of sites for each sediment
quality class in the habitat zones (Lake Saint-François (LSF), Lake Saint-Louis (LSL), Lake Saint-Pierre
(LSP) and Montréal Harbour (MH)).

Sediment
Quality Class

Remediation of Contaminated Site
Application Framework [55] LSF LSL LSP MH

1 • All contaminant concentration < PEL
(Probable Effect Level)

• Adverse biological effects may
be anticipated

• Level of contamination alone does not
justify site remediation

n = 2
LSF51 LSL53

n = 9
LSL16 LSL17
LSL18 LSL19
LSL20 LSL22
LSL23 LSL24

LSL26

n = 12
LSP12 LSP13
LSP14 LSP15
LSP30 LSP31
LSP33 LSP34
LSP35 LSP37
LSP38 LSP39

n = 2
PM8 PM9

2 • At least one contaminant
concentration between PEL <
concentration < FEL (Frequent
Effect Level.)

• Identify the sources and take action If
applicable eliminate inputs of
contaminants Environmental studies
may be necessary

• Assess the ecotoxicological risk
• Determine the

remediation requirements

n = 5
LSF52 LSF56
LSF57 LSF58

LSF59

n = 4
LSL21 LSL41
LSL43 LSL46

n = 3
LSP11 LSP32

LSP36

n = 2
PM2 PM5

3 • At least one contaminant
concentration > FEL

• Sediment contamination is considered
a serious problem

• Identify the sources and take action If
applicable eliminate inputs
of contaminants

• Site remediation is desirable
• Biological assessments should be

carried out to determine the feasibility
of a remediation process, set the
priorities for action and identify the
environmental gains.

n = 3
LSF50 LSF54

LSF55

n = 8
LSL25 LSL40
LSL42 LSL44
LSL45 LSL47
LSL48 LSL49

n = 0 n = 9
PM1 PM3
PM4 PM6

PM7 PM10
PM27 PM28

PM29

2.3. Macroinvertebrate Sampling and Analysis

Triplicate samples of macroinvertebrates were collected from the sediments using the Shipek grab
(400 cm2), placed in a polyethylene bag and preserved directly in the field with 10% formaldehyde
solution. A Rose Bengal solution was added in each sample to stain macroinvertebrates and reduce
sorting time. Back at the laboratory, the samples were rinsed with tap water on a 500 µm mesh size sieve,
and the retained macroinvertebrates were transferred to 70% alcohol for subsequent identification [23].
Macroinvertebrates were counted and sorted in each replicate by a private company (SAB Laboratories
Inc.); quality control was performed on 10% of the samples by a taxonomist expert (see [23,49]
for more details). Variability in the number of taxa among replicated samples was low with less
than 8% of new taxa sorted after analysing all triplicate samples compared to a single sample [49].
Macroinvertebrates were identified at the family and genus levels (except Nematoda) using several
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identification keys [56–58]. When the abundances of the dominant groups (Oligochaeta, Chironomidae
and Gastropoda) were extremely high, a minimum of 100 individuals for these groups were randomly
collected and identified. A complete list of the macroinvertebrate taxa recorded in the St. Lawrence
River and used for this study is presented in Table S2 (Supplementary Materials). Dominance of
macroinvertebrate taxonomical groups at each site served to establish spatial patterns in community
composition among the habitat zones of the fluvial section, to calculate indices and metrics, and to
determine the relationships with sediment characteristics and contamination.

2.4. Metrics Selection, Scoring, and Statistical Analysis

In the first step of the selection procedure (see Figure S1, Supplementary Materials), we made an
inventory of all available macroinvertebrate indices and metrics based on taxon richness and diversity,
abundance, and tolerance of taxa, multimetric biotic indices, and functional traits. This first selection
gathered a total of 264 indices and metrics (see Table S3 in Supplementary Materials). Among these
264 indices and metrics, there were 21 usual indices of diversity and similarity, 72 metrics on richness,
93 indices and metrics on taxa abundances, 35 biotic indices, and 43 functional traits as recently
proposed by Desrosiers et al. [49]. All indices and metrics that could not be calculated due to a lack
of data (e.g., lack of data on taxa tolerance) or that were simply considered irrelevant to the current
bioassessment in the St. Lawrence River (e.g., those used in small rivers and streams, or in foreign
countries) were eliminated (33 indices and metrics in italics in Table S3). Finally, 231 indices and
metrics were retained to test their relevance for assessing changes in macroinvertebrate community
structure among the habitat zones of the fluvial section and among classes of sediment quality.

At the second step of the selection procedure (see Figure S1), we scored the 231 indices and metrics
according to their potential to differentiate habitat zones (fluvial lakes and Montreal Harbour) and
sediment quality classes by performing one-way ANOVAs (analysis of variance) by using a general
linear model (GLM) with JMP (version 8.0.1, SAS Institute Inc Cary, NC, USA). Data distribution
normality and variance equality were verified. In a small proportion, when the results did not
meet these statistical requirements, we used a nonparametric test (Wilcoxon and Kruskal–Wallis).
When analyses of variance were significant, differences among habitat zones or sediment classes
were tested using Tukey–Kramer test for multiple comparisons. None of the indices and metrics
without significant differences among habitat zones and classes of sediment quality were retained.
Other indices and metrics showing significant differences among habitat zones (highlighted in blue in
Table S3) or among sediment quality classes (highlighted in orange in Table S3), or among both habitat
zones and sediment classes (highlighted in green in Table S3) were retained for further analysis. Since
many of the indices and metrics could be redundant, a Spearman correlation table analysis among
selected indices and metrics was performed to complement the analysis of variance to sustain our
choices. This second procedure of selection based on analysis of variance and correlation analysis has
enabled us to select 157 indices and metrics (in bold in Table S3) among the 231 ones retained after the
first selection procedure.

In the third step of the selection procedure (see Figure S1), we applied principal component
analysis (PCA) using CANOCO 4.0 [59,60] to determine the relevance of indices and metrics according
to their collinearity and their potential to differentiate sampling sites in habitat zones. Collinearities
among macroinvertebrate indices and metrics were determined by the angles between vectors ranging
from 0◦ (maximum positive covariance) to 180◦ (maximum negative covariance), an angle of 90◦
indicating a lack of covariance [61]. A first PCA was carried out using the 157 indices and metrics
retained after the second selection procedure. A stepwise sorting was performed by removing all
indices and metrics with a low contribution in PCA ordination, i.e., close to the center or inside the
circle of equilibrium contribution. Only those indices or metrics with a projection vector longer than
the radius of the equilibrium contribution circle on the first two PCA axes were interpreted as the
most suitable and relevant considering their potential to differentiate the sites representing a gradient
of disturbance. The final selection was performed using PCA analyses with all sampling sites first
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and then with only the most representative sites (without extreme sites in LSL) to select the most
parsimonious number of indices and metrics. After this third selection procedure, only 14 indices and
metrics were retained (see Section 3).

In the fourth step of the selection procedure (see Figure S1) to establish a model linking the selected
macroinvertebrate indices and metrics to sediment quality, we performed redundancy analyses (RDAs)
using Monte Carlo unrestricted 999 permutation tests [61]. In the final RDA models, only the variables
presenting significant relationships (prob. < 0.05) after stepwise selection were kept. The significance of
the first three axes of the RDA was tested using the ‘marginal’ testing method using CANOCO 4.0 [59,60].
Finally, a regression tree methodology was applied using JMP software to develop predictive models
determining contaminant thresholds which partitioned sites into homogeneous groups for each of the
14 final indices and metrics. This technique employs Euclidean distances to summarize between-site
differences in community composition along changes in sediment contamination. Tree algorithms split
the macroinvertebrate data set (assign macroinvertebrate data to groups) hierarchically (groups are
then divided into subgroups) based on the ability of the contamination variables to predict changes in
macroinvertebrate composition. This method is particularly useful to detect partitions (abrupt changes)
in indices and metrics along a disturbance gradient in relation to significant thresholds in sediment
contaminants [62,63].

3. Results

3.1. Typology of Macroinvertebrate Communities in the Fluvial Section

The sediments of the fluvial section of the St. Lawrence River supported abundant and
diverse macroinvertebrate communities composed of fourteen taxonomic groups (Figure 2).
Overall, the taxa belonged to 45 families and 109 genera (see Table S2 for the full list of taxa,
Supplementary Materials). Macroinvertebrate composition varies among habitat zones and sites. In
Lake Saint-Francois, macroinvertebrates were mainly composed of arthropods (Insecta), molluscs
(Gastropoda), and crustaceans (Malacostraca). Community composition differed from upstream to
downstream and between the north and south shores. Nematoda were found in greater abundance
on the south shore than on the north shore while the Oligochaeta were relatively more abundant
downstream than upstream, and inversely for the Malacostraca. In Lake Saint-Louis, community
composition and dominance patterns were more variable from site to site than in Lake Saint-François.
The Nematoda were more common on the north shore, the Gastropoda and Insecta in the bay of the
island, and the Oligochaeta, Malacostraca and Bivalvia on the south shore. The Oligochaeta were
more frequent downstream and the Nematoda upstream. In Lake Saint-Pierre, macroinvertebrate
communities were also relatively diverse. Oligochaetes, Nematodes, Insects, and Bivalves were the
most predominant groups. Community composition varied among the north and south shores, and
along the longitudinal gradient. On both the north and south shores, communities were dominated
by worms (Oligochaeta, Nematoda). However, Insecta and Bivalvia were more common in the north
shore and at the upstream sites, while worms were more common at downstream sites. The Montreal
Harbour supported the most disturbed community with a low diversity and a predominance of
Oligochaeta associated to Insecta (mainly Diptera Chironomidae) and Bivalvia. Despite a large
variability in macroinvertebrate composition among sites and habitat zones, the typology suggests a
gradient of disturbance.
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Figure 2. Relative abundance of macroinvertebrate communities in three fluvial lakes and the Montreal
harbour along the fluvial section of the St. Lawrence River.

3.2. Selection of Macroinvertebrate Indices and Metrics

Selection procedures based on ANOVA and correlation analyses allowed us to select 157 indices
and metrics (in bold in Table S3). These included 20 indices of diversity and similarity, 49 metrics of
taxa richness, 36 metrics of taxa abundance and trophic guilds, 13 biotic indices based on taxa tolerance,
and 39 functional traits (Table 2). Most of the selected indices and metrics (142) showed significant
differences among habitat zones (highlighted in blue in Table S3). In contrast, only 5 metrics based on
taxa abundance showed significant variation among sediment quality classes (ANEM, AHIR, ADIP,
AHYD, AGOLD: highlighted in orange in Table S3), and only 3 metrics based on number of tolerant
taxa and the dominance of scrapers, as well as 7 functional traits showed significant variation among
both habitat zones and sediment quality classes (highlighted in green in Table S3).

The PCA analysis based on the 157 indices and metrics allowed us to eliminate additional 61
indices and metrics showing no significant contribution to spatial patterns in macroinvertebrate
communities and sampling sites (Figure S2, Supplementary Materials). All fluvial lakes sites were
grouped together in the center of the ordination plan, except for one extreme site in Lake Saint-Louis
located in the lower right quadrant. The most impaired sites of Montreal Harbour were dissociated
from those of the fluvial lakes in the upper right quadrant.
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Table 2. List of the 157 metrics and indices retained after the first and second selection procedures. See
Table S3 for full names and corresponding abbreviations. Taxa with significant difference among habitat
zones (normal font); taxa with significant difference among sediment quality classes (italic font); taxa
with significant differences among both habitat zones and sediment quality classes (underline font).

Indices and Metrics

Diversity indices DSW, Hmax, ESW, DS, ES, M, BP, DH, DM, IG, PIE, TU, SIMF,
SIMG, SHANF, SHANG, MARGF, MARGG, EVENF, EVENG

Metrics on taxa richness

NBFA, NBFOD, NBFEP, NBFTR, NBFDI, EPT, ETO, NBGE,
NBGOD, NBGEP, NBGTR, NBGDI, NBGCH, NBTGaG, NBTGaF,

NBTBiG, NBTBiF, NBTHiG, NBTHiF, NBTCrG, NBTCrF,
NBTEG, NBTEF, NBTOdG, NBTOdF, NBTTrG, NBTTrF,

NBTDiG, NBTDiF, NBTOtG, NBTOtF, NBTETG, NBTETF,
NBTET/G, NBTET/F, NBTO/F, NBtEF, NBTOBF, NBTaxF,

NBTODF, NBTODG, NBTEGA, NBTOLDG, NBTOD/G, NBTEG,
NBTCOBG, NBFamG, NBGen, Ita

Metrics on taxa abundances

AOL, PFD, P2FD, P5FD, PCH, POL, PTR, PDI, PAM, PGA, PBI,
PIN, %collector, %scraper, %predator, Mach%, NoIns%,

%NemG, %GasG, %PolG, %OliG, %CruG, %TriG, %DipG,
%HydG, %ETG, %ET/OLG, %AETG, %GOLDG, ANEM, APOL,

AOLI, AHIR, ADIP, AHYD, AGOLD

Multi-metric biotic indices IBGN, GFI, BMWP, ASPT, BBIF, BBIG, HAIF, HAIG, r/KF, r/KG,
RETIF, RETIG, ICI

Metrics on functional traits [49]

Volt3, Life2, Sta3, Diss1, Diss3, Hab1, Hab2, Hab4, Att1, Att2,
Att3, Att4, Form2, Form3, Arm1, Arm2, Arm3, Size2, Size4, Size5,

Resp1, Resp2, Rep1, Rep2, Ovo2, Ovo3, Trop1, Trop4, Trop5,
Foo1, Foo2, Foo4, Foo7, Vc1, Sub2, Sub3, Sub4, Sub5, Sub6

Finally, the stepwise RDA procedure comparing pairs of indices and metrics based on six criteria
allowed us to eliminate another 143 indices and metrics and to retain only 14 metrics and indices as the
most selective and parsimonious choices (Table 3). We selected the indices and metrics which were
recognized as (1) relevant and easily to apply for bioassessment in large rivers, (2) having the potential
to distinguish macroinvertebrate communities among habitat zones and/or sediment quality classes
based on ANOVA analyses, (3) having the highest contributions in PCA ordination, and (4) showing
significant relationships with sediment characteristics and contamination based on correlation analysis,
RDA and regression tree analysis. We also gave priority to indices and metrics calculated at the genus
level since our previous studies have shown a higher explanatory power at this taxon level [23,49]
(5) and based on abundance and tolerance (6). Selective choices were made among indices and
metrics that were collinear or had similar ecological principles. For instance, the metrics Ita and AOL
were collinear (ρ Spearman 0.95, p = 0.9925) (see also vector projections in Figure S2, Supplementary
Materials). Thus, we retained only the metric AOL based on the abundance of Oligochaeta which
was associated with the most impaired sites of the Montreal Harbour as shown with ANOVA and
PCA analyses (Table 4, Figure S2). For example, we eliminated the metric Ital that was developed for
small Italian rivers and judged inappropriate for a large and complex river such as the St. Lawrence
River. The comparative selection of pairs of indices and metrics is detailed and presented in Table S4
(Supplementary Materials).
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Table 4. Results of ANOVA analyses (classification and probabilities) for the 14 final metrics and indices
considering variations among habitat zones (LSF-LSL-LSP-MH) or sediment quality classes based on
the remediation framework (1-2-3) and separating sites with contamination and physical stress due
to harbour activities (3A) and sites with only historical sediment contamination (3B). Non-significant
tests (grey).

Indices Metrics Habitat Zones Sediment Quality Classes

LSF-LSL-LSP-MH Prob. 1-2-3 Prob. 1-2-3A-3B Prob.

Diversity
DM A-A-A-B 0.0004 A-A-A 0.3832 B-AB-C-A <0.0001

SHANG A-A-A-B 0.0003 A-A-A 0.8649 B-B-C-A <0.0001
Taxa richness

NBTETG A-A-B-B <0.0001 A-A-A 0.2897 BC-AB-C-A <0.0001
NBTCOBG A-A-A-B <0.0001 A-A-A 0.4273 B-AB-C-A <0.0001

Taxa abundance
AOL B-AB-AB-A 0.0085 A-A-A 0.4617 B-B-A-B 0.0075

%OliG C-BC-B-A <0.0001 A-A-A 0.1796 B-B-A-B <0.0001
%DipG A-B-B-B 0.0005 A-A-A 0.9226 AB-AB-B-A 0.0176
P5FD BC-C-B-A <0.0001 A-A-A 0.8449 B-BC-A-C <0.0001

ANEM A-A-A-A 0.0846 A-B-AB 0.0181 A-B-B-AB 0.0380
AHIR A-A-A-A 0.2213 A-A-A 0.6814 A-A-A-A 0.5122

AGOLD A-A-A-A 0.4945 A-A-A 0.5070 A-A-A-A 0.5290
%Match A-B-B-B <0.0001 A-A-A 0.8731 AB-AB-B-A 0.0176
%NoInsc B-A-A-A 0.0003 A-A-A 0.9340 AB-AB-A-B 0.0058

%GOLDG AB-B-B-A 0.0006 A-A-A 0.1202 B-AB-A-B 0.0025

The 14 indices and metrics selected were the most relevant for distinguishing habitat zones in the
fluvial section (Figure 3). Increased diversity indices (SHANG, DM), greater richness in Ephemeroptera,
Trichoptera, Coleoptera, Odonata and Bivalvia taxa (NBTETG, NBTCOBG), and higher abundances of
Mollusca and Diptera Chironomidae (%Mach, %DipG, %GOLD, AGOLD) were associated primarily
with Lake Saint-François sites (upper right and left quadrants), and opposed to certain sites of the
Lake Saint-Pierre, Lake Saint-Louis and of the Montreal Harbour (lower left quadrant). In contrast,
a higher percentage and abundance of non-insects (%NoIns) and worms such as Oligochaeta and
Nematoda (ANEM, AOL, %OliG) were associated with certain impaired sites of the Lake Saint-Pierre,
Lake Saint-Louis, and the Montreal Harbour (lower right quadrant).

Some of the final metrics were collinear (Figure 3) and based on similar ecological principles.
For instance, the metrics %GOLD and AGOLD are redundant as well as the metrics %DipG and %Mach.
Thus, for a more parsimonious selection, it may be appropriate to retain only those metrics with the
highest contribution in the PCA ordination of sites such as AGOLD and %Match. Therefore, the ANEM,
AHIR, SHANG, and NBTCOBG metrics could also be eliminated as they have the lowest contributions.
The ANOVA analyses indicated which indices and metrics have the highest potential to discriminate
habitat zones and sediment quality classes (Table 4) and complement the selection procedures.

Concerning habitat zones, diversity indices (DM, SHANG) distinguished only the sites of the
fluvial lakes from the most impaired sites of the Montreal Harbour. Among metrics based on taxa
richness, NBTCOBG also segregated the Montreal Harbour from the fluvial lake sites, while NBTETG
segregated the LSF and LSL sites from the LSP and MH sites. The metrics %OliG and P5FD had a
better potential than AOL, which distinguished only the two extreme habitat zones (LSF from MH).
The metric %OliG segregated the MH impaired sites on one hand and the LSF sites on the other hand,
but did not differentiate LSL and LSF sites, and LSP and LSL sites. The metrics %DipG, %Match and
%NoIns segregated LSF sites from the sites of the two other fluvial lakes and the Montreal Harbour.
The metrics ANEM, AHIR, and AGOLD failed to distinguish habitat zones, and the metric %GOLDG
did not separate the less impaired LSF sites from the most impaired MH sites.

When considering the sediment quality classes, 12 final indices and metrics (except AHIR and
AGOLD) presented a potential for distinguishing sediment quality classes when considering both
categories of the class 3 (Table 4). Macroinvertebrate indices and metrics with the greatest potential to
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distinguish sediment quality classes were the diversity indices (DN, SHANG), the number of taxa at
the genus level for the Ephemeroptera, and Trichoptera (NBTETG) as well as the total number of taxa
of Trichoptera, Coleoptera, Bivalvia and Gastropoda (NBTCOBG). Most of them clearly differentiated
the less impaired sites (Class 1) from the most impaired sites (Class 3A and 3B), indicating improved
sediment quality. In contrast, the metrics based on the abundance and dominance of Oligochaeta
(AOL, %OliG) discriminated the most contaminated sites (Class 3A), indicating lower sediment quality.
The other metrics based on the abundance or percentage of tolerant taxa (%DipG, P5FD, ANEM,
%Match, %NoIns, %GOLDG) presented the lowest potential to distinguish sediment quality classes.
Although functional traits metrics performed slightly better than usual taxonomical metrics [49],
they did not emerge as relevant in this sorting exercise. In addition, the database of traits available for
macroinvertebrates of the St. Lawrence River is still incomplete. Consequently, trait approach is not
currently used for bioassessment monitoring due to difficulty of their application in ecotoxicological
risk assessment.Water 2020, 12, x FOR PEER REVIEW 13 of 26 
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3.3. Relationships between Macroinvertebrates Metrics and Indices and Sediment Characteristics
and Contamination

To assess how the selected indices and metrics were related to sediment characteristics and
contamination, we performed RDA analyses (Figure 4) and supplemented them with correlation
analyses (Table S5). Only the results of RDA analysis without outlier sites are presented to provide a
more comprehensive illustration of the relationships with sediment variables and the spatial distribution
of sampling sites (see Figure S3, for the results with the outlier sites). In general, most of the indices
and metrics showed higher significant correlations with sediments characteristics than contamination
(Table S5).
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Figure 4. Redundancy analyses (RDA) based of the 14 selected indices and metrics and sediment
characteristics and contaminants in 53 sampling sites of the three fluvial lakes and the Montreal harbour
along the fluvial section of the St. Lawrence River. (A) sediment grain size composition and chemistry,
(B) inorganic contaminants, (C) organic contaminants. Results without 6 outlier sites (LSL16, LSL17,
LSL22, LSL26, PM28, PM6).

95



Water 2020, 12, 3335

Overall, the RDA model relating indices and metrics to sediment characteristics explained 50% of
the total variation in the macroinvertebrate community. We could dissociate two groups of metrics
and indices depending on sediment composition, depth, nutrients and inorganic and organic carbon
(Figure 4A). The significant explanatory variables were sand and NH3 on axis 1, DOC and sulfur on
axis 2 that explained 39% of the variance. Globally, along the first axis, metrics based on the abundance
of tolerant taxa (AGOLD, AOL, %GOLD, ANEM) were associated with nutrient-poor sandy sediments
(Sand, low NH3) in shallow sites; other similar metrics (%NoIns, %OliG) were also associated with
nutrient-poor sandy sediments (TN, Ninorg) and organic carbon (DOC, TOC, %TOC, TC). Most of
these metrics had higher scores in the Montreal Harbour, Lake Saint-Louis, and Lake Saint-Pierre sites,
which were considered to be the most impaired. On the second axis, diversity metrics (DM, SHANG),
and metrics based on the relative abundance of ubiquist and sensitive taxa (% Match, %DipG) had
higher scores in sediments composed of silt and gravel, with higher pH, sulfur, organic carbon (TOC,
%TOC) and nitrogen (TN, Ninorg) levels. Taxa richness metrics (NBTETG, NBTCOBG) had higher
scores in shallow sediments poor in nutrients (TP, Pass) and dissolved organic carbon (DOC). Most of
these metrics had higher scores in the sites of Lake Saint-Louis and Lake Saint-François, which were
considered as the less impaired.

Overall, the RDA model relating indices and metrics to sediment inorganic contamination
explained 55.7% of the total variation in macroinvertebrate community. Given the trends observed
with inorganic contaminants (Figure 4B), the sediments most polluted with metals and metalloids
were found in the Montreal Harbour and the Lake Saint-Louis (see also Figure S3B). The significant
explanatory variables were Mn and Cd on axis 1 and Cu on axis 2, which explained 50% of the
variance. Diversity indices (DM, SHANG) and metrics based on richness or abundance of intolerant
taxa (NBTETG, NBTCOBG, %Match, %DipG) were associated with sediments rich in calcium (Ca),
mercury (Hg) and arsenic (As) but less contaminated in metals (Cd, Cu, Pb, Zn), most of which were
found in the Lake Saint-François sites. The metrics based on tolerant taxa (%OliG) were associated
with sediments rich in Cu at the Lake Saint-Pierre sites and other metals mainly at Montreal Harbour
sites (relationships are better seen in Figure S3B). Spearman correlation analysis indicated significant
positive or negative relationships between indices and metrics and inorganic contaminants (Al, As, Cd,
Cr, Cu, Fe, Hg, Ni, Pb, Zn; Table S5).

Overall, the RDA model relating indices and metrics to sediment organic contaminants explained
28.1% of the total variation in the macroinvertebrate community. Given the trends observed for organic
contaminants (Figure 4C), the sediments of the Montreal Harbour were the most contaminated by
hydrocarbons and butyltins (PAHs, PAH High, PAH low, C10-C50 Petroleum Hydrocarbons, BT, TBT).
The significant explanatory variables were C10-C50 petroleum hydrocarbon, PAH with high molecular
weight (HAP high) and total PAH (PAHs). Here again, two types of metrics were opposed (better
seen in Figure S3C). Metrics based on diversity indices and sensitive taxa (DM, SHANG, NBTETG,
NBTCOBG, %Match, %DipG) were associated with the less contaminated sites in Lakes Saint-François,
Saint-Louis, and Saint-Pierre. On the other hand, metrics based on tolerant taxa (AOL, %OliG, %GOLD,
%NoIns) were associated with the most oil- or butyltin-polluted sediments in the Montreal Harbour.

3.4. Responses of Metrics and Indices to Contaminant Thresholds

Cascading homogenous grouping thresholds were determined for the 14 selected indices and
metrics using inorganic and organic contaminants in regression tree models. For each index and
metric, the estimated thresholds were compared to (i) the criteria established to assess the sediment
quality in a remediation context [55], and (ii) natural concentrations in sediments during preindustrial
period < 1950 and postglacial clays [55,64] (See Table S6A,B). A total of 10 over 14 indices and metrics
showed robust tree regression models (r2 > 60%). There were divided into two groups: (1) diversity
(DM, SHANG), richness (NBTETG, NBTCOBG) and dominance (P5FD) metrics based on ubiquitous
and sensitive taxa changed mainly with inorganic contaminants (Pb, Zn, Hg, Ca) rather than with
organic contaminants (PCBS, PAHs), (2) metrics based on the abundance of tolerant taxa (%GOLD,
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%OliG, %Match, %Noinsc) were more related to organic contaminants (PCBS, PAHs) than inorganic
contaminants (Cu, As, Cd). An example of a regression tree model for each type of indices and metrics
is presented in Figure 5. The other models are presented in the Figure S4, Supplementary Materials.

According to the criteria established for the sediment quality [55], most of the thresholds
determined by the regression trees were below Probable Effect Level (PEL) or Frequent Effect Level
(FEL), but still above concentrations in preindustrial sediments except for As (6.6 mg/kg), and in
postglacial clays except in some case for Ni, Cr and Cu (75, 150 and 54 mg/kg respectively) or ambient
levels except for As (2–7 mg/kg) and Cr (52–93 mg/kg) [55,64].

For the DM model (r2 = 0.65), Pb concentration below the PEL was the first node discriminating 51
sites with a concentration below 61 mg/kg with DM values of 1.35 ± 0.40, followed by calcium dividing
these sites into two blocks with 23 sites below and 28 sites above 19,000 mg/kg of calcium. In sites with
lower Ca concentration, PCBs were taken into account for the classification of the sites, most sites with
PCBs content below 0.0423 mg/kg were discriminated a second time by calcium (11,000 mg/kg) and
PAHs (1.66 mg/kg). In sites with Ca concentration above 19,000 mg/kg, contamination by Cd, Hg and
Cu below the PEL threshold completed the site classification.

 

2 

 
Figure 5. Cont.
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Figure 5. Regression tree models for a diversity index (DM), and metrics based on taxa richness
(NBTETG) and taxa abundances (%OliG, %GOLD). Green represents the thresholds below the PEL,
yellow between the PEL and the FEL and white are the substances without sediment quality criteria.

For the NBTETG model, a Pb concentration below the PEL was again the first node discriminating
47 sites below and 12 sites above 45 mg/kg. The 12 sites with higher Pb concentration were divided
by a Zn concentration between PEL and FEL (398 mg/kg). The group of 7 sites with higher Pb and
Zn contamination had the lowest NBTETG value (0.14 ± 0.38). The 47 sites below the threshold of
45 mg/kg was followed by a separation of sites in two blocks based on PCBs contamination threshold
(0.026 mg/kg) below the PEL. At the sites with PCBs concentrations below this threshold (22 sites), Hg,
PAHs and Al explained the classification of sites. At sites with higher PCBs concentrations (25 sites),
Hg, Cd and Cu explained the classification of the sites.

For the %OliG model, a Cu concentration below the PEL was the first node discriminating 49
sites with higher Cu concentrations (100 mg/kg). For sites with higher Cu concentrations, the Cd
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concentration was the second node (2.1 mg/kg) separating the sites in two equal numbers (5 sites each).
The group of 5 sites with higher Cu and Cd contamination had the highest %OliG value (90.20 ±
13.10%). At the sites with low Cu content, As (3.5 mg/kg) at the lower than pre-industrial concentration
was the second node dividing the sites into two equal blocks. At sites with higher As content, PCBs
was the third node, and metal contamination by Cd or Pb was the last node. At sites with low As,
organic contaminants (PAHs, C10-C50 Petroleum hydrocarbons) were the last nodes.

For the %GOLD model, organic contamination by PAHs was the first node separating 48 sites
with higher PAHs concentrations. Pb concentration (63 mg/kg) below the PEL segregated another 41
stations with lower Pb concentration and 7 stations with higher concentration. The 7 sites with higher
PAHs and Pb concentration had the highest %GOLD value (90.61 ± 9.71%). The 41 sites with low Pb
concentration the second node was divided by Cr (28 mg/kg). The sites with concentration below this
threshold (12 stations) was divided by PAHs and the sites with concentration above this threshold
(29 stations) were divided by Fe (22 stations), PAHs contamination (17 stations), followed by metal
contaminants (Ni, As).

Overall, models for the diversity indices and metrics based on richness (DM, SHANG) and
the number and abundance of ubiquitous or intolerant taxa (NBTETG, NBTCOBG, P5FD, %Match)
were more related to changes in inorganic Pb and Zn contamination for the first nodes, and organic
contamination by PCBs for the second nodes. Metrics based on relative abundance of tolerant taxa
(%OliG, %NoIns, %DipG) were also related to changes in inorganic Cu contamination. Metrics based
on the abundance of tolerant taxa (%GOLD, AOL, AHIR, ANEM, AGOLD) were more related to
organic contamination by PAHs contamination for the first nodes and inorganic contamination by Pb,
Cu, and Mn for the second nodes.

4. Discussion

4.1. The St. Lawrence River Case Study

The St. Lawrence River does not fit to the River Continuum Model [65], since it is not oriented
along a longitudinal gradient (upstream to downstream). It forms a complex hydrological network
made up of different water masses and a mosaic of habitats along its transversal dimension (from the
uplands to the channel). This corresponds to the complex river model developed by Thorp and
collaborators [66,67]. In accordance with the Serial Discontinuity Model [68], fluvial lakes and river
confluences disrupt the St. Lawrence River continuum by creating discontinuities and riparian zones
of sediment deposition invaded by macrophytes [18]. Compared to small rivers with specific pollution
sources where changes in macroinvertebrate indices and metrics can easily be detected and monitored
between sites upstream and downstream of the pollution point source [40], large rivers are impacted
by multiple anthropogenic stressors and diffuse pollution sources that can interact in multiple ways
with environmental conditions [24,46].

In the St. Lawrence River, the absence of defined stress gradients and the wide variation in
benthic communities among habitats are important challenges for the development of bioassessment
programs. Previous studies in the Lake Saint-Pierre have compared macroinvertebrate assemblages at
reference sites and impacted tributary plume sites downstream of two rivers draining agricultural
lands [17]. Macroinvertebrate communities in sediments were dominated by endobenthic fauna such
as Oligochaeta and Sphaeridae. Taxon richness and composition differed between the reference fluvial
sites and the impacted tributary plume sites, reflecting the variation in sediment metal contamination.
Oligochaeta and Diptera Chironomidae were characteristic of the impacted sites, while the Gastropoda
Valvatidae and the Amphipoda Gammaridae and Asellidae were more abundant in the reference sites.
Other studies conducted at the scale of the fluvial sector of the St. Lawrence River analysed spatial
patterns of variation of macroinvertebrate communities as a function of taxonomic composition [23]
or functional traits [49]. Four macroinvertebrate assemblages were found distributed in the different
zones of the fluvial continuum in relation to habitat characteristics and sediment contamination [23].
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Four groups of sites were also defined using the functional trait-based approach, which performed better
than the taxonomic approach in differentiating sites along the sediment contamination gradient [49].
However, none of these studies evaluated the performance of various macroinvertebrates-based indices
and metrics to assess changes in sediments characteristics and contamination. Our case study in the
fluvial continuum of the St. Lawrence River is a new complement to previous studies conducted in
American [15,24] and Russian [46] large rivers.

4.2. Rational for the Selection and Inclusion of Indices and Metrics

Only a limited number (14) of indices and metrics from an initial selection of 157 were deemed
relevant to assess sediment quality in the fluvial section of the St. Lawrence River (Tables 2 and 3).
Our final score was composed of 2 diversity indices (DM, SHANG), 2 metrics based on the number
of sensitive taxa (NBTETG, NBTCOBG), and 10 metrics based on the abundance and dominance of
sensitive (%Match, %NoInsc, %DipG) or tolerant (%OliG, %GOLD, AOL, AHIR, ANEM, AGOLD)
taxa. This score is similar to this of 9 of the 97 benthic metrics used in the bioassessment of six large
tributaries of the upper Mississippi and Ohio rivers in Midwest United States [15]. Their final index
was composed of metrics based on the number of taxa and dominance of sensitive (Diptera, EPT
and Coleoptera taxa richness) or tolerant (tolerant taxa richness, % of Oligochaete and leech taxa)
organisms, and metrics based on trophic groups (% of collector-filterer, burrower, and facultative taxa,
predator taxa richness). Our final score also corresponds to the 12 indices and metrics included in
the PANEL multimetric index developed for the Ohio River, considered responsive to water quality
disturbance and ecologically relevant [40].

The diversity indices included in this study (DM, SHANG) are based on the premise that stable
and healthy benthic communities at reference sites are taxonomically richer than those at sites impacted
by anthropogenic disturbances (e.g., acid drainage, nutrient enrichment, sediment contamination) [40].
Total taxon richness has also been reported as a reliable index in different Austrian river types [38].
Macroinvertebrate diversity indices are considered not robust metrics for biological assessment [29].
Indeed, they are more related to ecological factors such as productivity and habitat heterogeneity than
to ecotoxicological and disturbance factors [29], except in cases of extreme pollution. This is also the
case of the St. Lawrence River, where the selected diversity indices (DM, SHANG) based on genus level
distinguished only the most disturbed sites of the Montreal Harbour from the fluvial sites (Table 4).
However, they have an interesting potential for distinguishing sediment quality classes (Table 4).

Metrics based on the numbers of sensitive taxon at the genus level of insects (Ephemeroptera,
Trichoptera: NBTETG), and on the richness of facultative taxa (Trichoptera, Coleoptera, Odonata
and Bivalvia: NBTCOBG) were effective in differentiating habitat zones and sediment quality classes
(Table 4). They show consistently high discriminatory power for less impaired sites and better water
and sediment quality [69]. These sensitive organisms are highly intolerant to pollution and their species
richness and abundance decrease as anthropogenic disturbances increase in rivers [40], lakes [12] and
streams [14,38]. Ephemeroptera larvae are the most sensitive and the first group to disappear in the
presence of anthropogenic disturbances, while Trichoptera larvae are considered moderately tolerant.
They have the best BMWP scores (6–10) for predicting the deleterious effects of pesticides, metals
and organic contaminants on benthic communities in small rivers [20]. In the St. Lawrence River,
these metrics showed a wide variation, but allowed us to differentiate between the most impacted
sites in the Montreal Harbour and the less impaired sites in the fluvial lakes (mainly LSF and LSL),
and the sediment quality classes (Table 4). The potential of these metrics reflects their relevance as
indicator taxa of good ecological status in previous studies based on taxonomic composition and
functional traits of macroinvertebrates. In the St. Lawrence River, Ephemeroptera (Ephemeridae)
and Trichoptera (Hydroptilidae and Leptoceridae) were indicator taxa of the reference sites and less
impaired LSF, LSL, and LSP sites [23]. They belong to functional groups composed of univoltine insect
larvae with collector and shredder feeding modes, sensitive to organic pollution [49]. Hydroptilidae
is mainly a family of large rivers and constitutes one of the most sensitive taxa of Trichoptera [40].
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Coleoptera (Elmidae), Odonata and Bivalvia were also sensitive taxa found in less impaired sites in the
St. Lawrence River.

Metrics based on the dominance of tolerant taxa (%OliG, %DipG, %Match, %Noinsc, %GOLDG,
%P5FD) were also useful for differentiating habitat zones and sediment quality classes (Table 4). They
indicate many conditions in moderately to highly disturbed sites, and lower sediment quality. Diptera,
especially Chironomidae, show tolerances to many factors but increase under disturbed conditions, as
does the percentage of non-insects in rivers [40] and streams [38]. Worms such as Oligochaeta and
Dipteran Chironomidae have the worst BMWP scores (1–2) and can support high levels of pollution
by pesticides, metals and organic contaminants in small rivers [20]. Although this is true when just
looking at a family level of Chironomidae, this is not true anymore when you look at the species
level, as the structure and species assemblage of the family Chironomidae changes substantially in
lakes [70] and also in the St. Lawrence river [23,49]. Gastropoda and Amphipoda share intermediate
BMWP scores (3–6) and are relatively tolerant pollution stress. In the St. Lawrence, the metric based
on the 5 most dominant groups (%P5FD) is composed of these tolerant taxa (Oligochaeta, Diptera,
Gastropoda) and has been associated with disturbed conditions. The metric based on the percentage
of highly tolerant taxa such as the Oligochaeta (%OliG) was the most associated with impaired sites
in the Montreal Harbour (Table 4). However, metrics based on the abundance of tolerant taxa (AOL,
ANEM, AHIR, AGOLD) had less or no potential to differentiate between habitat zones and sediment
quality classes.

4.3. Comparative Responses to Habitat Characteristics and Sediment Contamination

Distinguishing anthropogenic and natural influences and effects on ecosystems is a fundamental
problem in environmental sciences [46]. This is problematic in bioassessment of large rivers with
macroinvertebrates, where most of the currently applied indices and metrics depend on natural
environmental factors. The St. Lawrence River case study is another highlight of the importance of
habitat characteristics above sediment contamination. On the other hand, in extreme conditions of
pollution or disturbance in the Montreal Harbor, identifying of indices and metrics specific to sediment
contamination in large rivers is challenging due to the high natural variability and diversity of factors
affecting macroinvertebrate communities [71]. Understanding the relationships between different
bioassessment indices and metrics and natural environmental factors is necessary to assess their lack
of correlation.

4.4. Bioassessment in a Large and Complex River: Limit and Pertinence

The hydrology, water quality and riparian habitats of the St. Lawrence River have been substantially
altered in recent decades [72,73]. Water level fluctuations related to climatic conditions, can strongly
affect emergent and submerged aquatic vegetation and macroinvertebrate communities on plants and
sediments [16,18,74]. For the bioassessment of the ecological status of large and complex rivers as the
St. Lawrence, special attention is needed to assess the impacts of: (1) hydromorphological alterations;
(2) activities such as dredging; and (3) harbor and industrial development on biological communities,
especially those that affect river continuity and riparian cover [2]. One of the challenges in large rivers
is to distinguish the effects of natural ecological factors and anthropogenic stressors. This is to support
ecological risk assessment and management in river systems and to assess the complex interactions
between multiple stressors.

4.5. Conclusions and Recommendation for Bioassessment Programs

Macroinvertebrates are commonly used for the bioassessment of rivers subject to anthropogenic
disturbance. This approach generally requires comparison with reference conditions. Unfortunately,
it is not always easy to predict the response of macroinvertebrate communities to environmental
changes either anthropogenic or simply related to natural habitat variations. This is particularly the
case in large rivers with a mosaic of highly diverse habitats. Indeed, in this study, the typology of
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macroinvertebrate communities varies according to fluvial lakes, water bodies and sediment quality.
Fourteen indices and metrics were shown to be most effective in differentiating between sites and
quality classes, and it is these parameters that are most likely to be used in bioassessment for the St.
Lawrence River or other large and complex river in northern temperate regions. However, the indices
and metrics remain strongly explained by habitat characteristics, such as sediment grain size or the
presence of nutrients. There is also an influence of metals and, to a lesser extent, organic contaminants
such as petroleum hydrocarbons. The predictive power of indices and metrics is also higher than
what has been observed in our previous studies of community structure using taxonomy or functional
traits [23,49]. This makes the 14 selected indices and metrics promising bioassessment tools while
being easier to use, interpret and explain in an environmental assessment context.

Projects in the St. Lawrence River will continue, and more data will be needed to establish
management thresholds. On the other hand, analysis of the results obtained from the regression trees
highlights changes in the structure of the macroinvertebrate community below the FEL or even PEL,
allowing for the detection of more subtle and early effects. The use of %Oligochaeta seems a very
promising variable to detect the presence of metals, but also to distinguish the combined effect with
that of hydrocarbons.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/12/3335/s1,
Table S1. Minimum and maximum values of the sediment characteristics in the 59 sampling stations: pH, total and
dissolved organic carbon (TOC, DOC), and concentrations of nutrients, metals, metalloid and organic chemicals
(mg/kg DW). <DL = under detection limit, min and max, Table S2. Macroinvertebrate taxa at genus level recorded
in the fluvial section of the St. Lawrence River and used for this case study: Occurrences based on number of
sites and frequency (%), Table S3. List of the 264 macroinvertebrate metrics and indices (with their abbreviations)
colligated from the literature including 181 usual and 83 new (with asterisks) metrics and indices. (A) Usual and
news metrics and indices. (B) Functional traits indices. The 157 metrics and indices retained after ANOVAs and
correlations analyses are in bold. Metrics highlighted in blue showed significant differences among habitat zones;
metrics highlighted in orange showed significant differences among sediment quality classes; metrics highlighted
in green showed significant differences among habitat zones and sediment quality classes (ANOVAs, p < 0.01),
Table S4. Step by step pair comparisons (index 1 vs index 2) of the 157 macroinvertebrate metrics and indices
(with their abbreviations) based on several criteria: (1) their pertinence in bioassessment of large rivers (Per), (2)
their potential for discriminating habitat zones and class of sediment quality (ANOVA), (3) their correlations with
sediment variables (Cor), (4) their contribution in the PCA ordination (PCA+), (5) their easy identification at the
genus level (Gen), and (6) as quantitative metrics based on taxa abundance (AB). Taxa in bold are those selected
step by step for each pair of metrics or indices. The metrics based on functional traits were not retained because of
their difficulty to be applied by managers in current bioassessment, Table S5. Correlations (ρ de Spearman) among
macroinvertebrate metrics and indices retained after the selection procedure and the characteristics of habitat and
sediment (* p < 0.05; ** p < 0.01; *** p < 0.0001), Table S6. A- Criteria used for the evaluation of sediments quality,
Table S6. B - Criteria used for the evaluation of sediments quality, Figure S1. Macroinvertebrates indices and
metrics selection procedure framework, Figure S2. Principal component analysis (PCA) based of the 157 metrics
and indices retained after the first selection using ANOVAs, and of sampling sites in three fluvial lakes and the
Montreal harbour along the sections of the St. Lawrence River, Figure S3. Redundancy analyses (RDA) based of
the 14 selected metrics and indices and sediment characteristics and contaminants in all sampling sites of the
three fluvial lakes and the Montreal harbour along the fluvial section of the St. Lawrence River. (A) grain size,
composition, and chemistry, (B) inorganic contaminants, (C) organic contaminants, Figure S4. Regression tree
models. Green represents the thresholds below the PEL, yellow between the PEL and the FEL and white are the
substances without sediment quality criteria.
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Abstract: In the last decade, large scale biomonitoring programs have been implemented to obtain
a robust understanding of freshwater in the name of helping to inform and develop effective
restoration and management plans. A comprehensive biomonitoring dataset on the macroinvertebrate
assemblages inhabiting the rivers of the Po Valley (northern Italy), comprised a total of 6762 sampling
events (period 2007–2018), was analyzed in this study in order to examine coarse spatial and temporal
trends displayed by biotic communities. Our results showed that macroinvertebrate compositions
and derived structural and functional metrics were controlled by multiple environmental drivers,
including altitude and climate (large scale), as well as habitat characteristics (local scale). Altitude
proved to be the primary geographic driver, likely due to its association with thermal and precipitation
regimes, thus explaining its overriding influence on macroinvertebrate assemblages. Significant
temporal variations were observed across the study period, but notably in 2017, the overall taxonomic
richness and diversity increased at the expense of Ephemeroptera, Plectoptera and Trichoptera taxa
during an unprecedented heatwave that occurred across southern Europe. The detail of this study
dataset allowed for important environmental attributes (e.g., altitude, habitat characteristics) shaping
biotic communities to be identified, along with ecologically vulnerable regions and time periods (e.g.,
extreme climatic events). Such research is required globally to help inform large-scale management
and restoration efforts that are sustainable over long-term periods.

Keywords: bioassessment; temporal trend; altitude; climate; insects

1. Introduction

Assessing the ecological status of riverine ecosystems is fundamental to informing the conservation
and management of freshwater ecosystems [1]. A large amount of data has been generated through
biomonitoring efforts globally, including in the USA, Australia, South Africa and various nations
within Europe [2]. Such data often span decadal time periods and cover broad spatial scales, making
them ideal to uncover spatio-temporal effects of environmental drivers on biological communities.
Examining data generated from biomonitoring programs is thus crucial to guide river management
strategies and achieve ecological improvements through identifying primary environmental drivers
shaping riverine ecosystems, as well as ecologically important regions and time periods. Moreover,
such information can be useful in informing water managers and environmental regulators on how to
enhance efficiency of the existing network of biomonitoring sites (e.g., biologically important locations).
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Rivers serve many societal functions and are one of the most intensively human influenced
ecosystems worldwide [3]. The benefits of water provision for various human purposes, including
agriculture, energy production, drinking water supply, and the displacement of pollutant loads often
impair riverine ecosystems and biodiversity [4], with potentially serious societal costs. Anthropogenic
activities threaten riverine ecosystems through habitat loss and degradation [5] such as physical
modification of riverine environments, deforestation of pristine wildernesses, pollution and introduction
of non-native species [6–8]. Riverine environments, due to their societal and ecological importance, are
integral to environmental policies such as the Water Framework Directive (WFD—[9]), and benthic
invertebrate fauna (macroinvertebrates) are one of the predominant Biological Quality Elements [9]
used for their ecological assessment. Macroinvertebrates are intermediately positioned in freshwater
food webs, consuming basal resources like primary producers, organic matter and detritus, and serving
as a food source for amphibians, birds, reptiles, fish and humans.

Both biodiversity assessments and biomonitoring programs utilizing macroinvertebrate
assemblages routinely process and examine single metrics targeting different facets of community
assemblages, such as taxonomic richness (e.g., [10]); taxonomic diversity (e.g., [11,12]); ecological
response guild summaries (e.g., [13–15]); community abundance (e.g., [16]) and functional diversity
(e.g., [17]). However, metrics characterizing different community properties respond differently to
environmental stressors. Thus, single-metric approaches can miss important information about the
assemblage structure and its response to environmental gradients [18], highlighting the importance of
adopting multi-metric approaches to increase the likelihood of detecting ecological responses to different
environmental conditions and stressors. In summary, variations in environmental conditions driven
by natural and anthropogenic processes can mediate its influence on different structural and functional
metrics. As such, other multivariate approaches (e.g., Non-Metric Multidimensional Scaling—NMDS)
may thus be used along with metrics to better represent assemblage structure variations.

Despite the large amount of data collected on Italian river macroinvertebrates since the
implementation of WFD programs, only recently has such data become available for researchers, policy
makers and water managers (e.g., [19–21]). Fornaroli and coauthors [21] collected and homogenized
data on the presence, distribution and abundances of macroinvertebrate taxa inhabiting the River
Po catchment (northern Italy) in the last decade, providing the first checklist of macroinvertebrates
occurring in this area. This data source represents a comprehensive spatial and temporal data set on
the macroinvertebrate assemblages of the rivers of the Po Valley to help overcome the lack of analyses
in the region and to help guide effective restoration and management efforts.

The objective of this study is to examine spatial and temporal trends of the macroinvertebrate
assemblages inhabiting the River Po catchment. We tested the following hypotheses: (H1)
macroinvertebrate assemblages show a geographic pattern that is primarily driven by altitude;
(H2) there are differences among the assemblages inhabiting the pristine and anthropogenically altered
study sites; (H3) there are families associated with the human alteration status; (H4) macroinvertebrate
response metrics display significant temporal trends.

2. Materials and Methods

2.1. Study Area and Samples Selection

For this study we selected suitable data from a recently released dataset [21] collating the data
collected by the Environmental Agencies using the Italian national standardized method [22] for the
implementation of WFD activities. The underpinning data were collected between 2007 and 2018
and comprised a total of 6762 sampling events. All study rivers lie within the River Po catchment
(North Italy), which covers 71,000 km2 and crosses different Administrative Regions (Aosta Valley,
Piedmont, Lombardy, Liguria, Veneto, Trentino, and Emilia-Romagna) including mostly the Subalpine
area and the Po Plain, (Biogeographic region: Alpine, Continental and Mediterranean, [23]). Following
the national standardised monitoring protocol [22], three samples were collected each year with a
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Surber-net enclosing an area of 0.05 or 0.10 m2, with a mesh size of 0.5 mm. Each sample consisted of
ten replicates collected proportionally to reflect predominance of the most representative microhabitats
(mix of substratum type, current velocity, presence/absence of macrophytes, etc.). The different
sampling efforts (0.5 or 1 m2—i.e., all replicates of each Surber-net summed) were standardized by
reporting all the abundances to 1 m2. The protocol includes sampling each site in at least two different
seasons (the most related to the local life cycle of insects) [11]; consequently, the winter season is
underrepresented in this dataset and excluded from the analyses.

To allow for the evaluation of temporal trends, only sites sampled for at least three years and
with at least two sampled seasons annually were retained. Among the selected sites, none belong to
the Emilia-Romagna administrative region because they do not fulfill the minimum requirements of
replicates that we imposed for temporal trend analyses, as samples collected before 2013 are not present
in the original database. The 270 remaining sites (Figure 1) had an average (median) of 11 samples,
collected over an average period of 7 years. The considered rivers are natural, artificial (channel)
or partially modified by different forms of infrastructure (e.g., dams, weirs) constructed along the
rivers. For the selected samples sites, we extracted percentage representation of sampled microhabitats,
classified in nine mineral substrate classes (e.g., cobble and gravel) and eight biological substrates (e.g.,
emerging macrophytes and coarse particulate organic matter) as included in the national standardized
method [22], the presence of human impacts (i.e., each site was a priori classified as pristine or altered),
the WGS-84 coordinates (as decimal degrees) and altitude (as m a.s.l.). The altitude of the sampling
sites ranges from 29 to 2280 m a.s.l.

Identification of organisms was performed at different taxonomic rank levels by operators of the
Environmental Agencies, thus, we homogenized the taxonomic level to the least common denominator
(mostly family level) using the “biomonitoR” package [24] within R software [25].
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2.2. GIS Analyses

We extracted several climatic variables from the WorldClim database (version 1.4) at the highest
resolution (30 arc-s) using the function getData from the “raster” package [26] for each study site.
These variables represented mean monthly and annual values of temperature and precipitation.
For subsequent analyses, we considered 18 bioclimatic variables derived from the monthly temperature
and rainfall values in order to generate more biologically meaningful variables. The bioclimatic
variables represent annual trends (e.g., mean annual temperature, annual precipitation) seasonality
(e.g., annual range in temperature and precipitation) and extreme or limiting environmental factors
(e.g., temperature of the coldest and warmest month, and precipitation of the wet and dry quarters).

2.3. Macroinvertebrate Metrics

We extracted the relative density (i.e., log10(individual per m2 + 1) of three macroinvertebrate
families (Plecoptera: Nemouridae, Ephemeroptera: Heptageniidae and Trichoptera: Limnephilidae)
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that were selected based on these families being: (i) identified as driving assemblage differentiation
along altitudinal gradient; (ii) widely used as good environmental indicators for lotic ecosystems
(e.g., [13,14]); and (iii) being the more abundant family within the respective order during the study
period. We also evaluated three assemblage metrics commonly used in the bioassessment of riverine
environments: (i) the richness of all families; (ii) the percentage representation of Ephemeroptera,
Plecoptera and Trichoptera (%EPT) individuals; and (iii) the Shannon diversity index (H’) [11].
Such metrics and indices represent different parameters of the benthic assemblages such as taxa
abundance, sensitivity and diversity.

Based on the same list of macroinvertebrates, each family in the database was linked
to its auto-ecological preferences downloaded from the freshwaterecology.info database [27,28].
Freshwaterecology.info is an online tool that unifies, standardizes and codifies more than 20,000
European freshwater organisms and their biological properties and ecological preferences: through
this database, we obtained traits of more than 140 macroinvertebrate families. The nomenclature of
functional traits is reported herein by their “grouping features” and “traits” (see [29]). Grouping features
represent a functional trait category (e.g., “substrate preference” and “food”), while traits signify
modalities residing within these (e.g., substrate preference—“gravel”, “macrophytes”; food—“fine
detritus”,“ dead animal”). A total of 21 grouping features comprising 113 traits were utilized from the
functional traits database in subsequent analyses (Table S1). We derived functional traits from Tachet
and coauthors [30] and, subsequently, aggregated them in two functional diversity indices.

Firstly, the Functional Richness (FRic) was derived, which represents the amount of functional
space filled by the community [31]. FRic is defined by the trait extremes and thus reflects the potential
maximum functional dissimilarity. FRic is calculated as the hypervolume enclosing the functional
space filled by the community, the resulting FRic variable is standardized by its maximum, ranging
from 0 to 1. Secondly, Rao’s quadratic entropy [32] was used to estimate Functional Diversity (FDiv)
because it has been considered more appropriate than other indices [33]. This index is estimated using
abundance data and standardized by the maximum value to constrain the values within the range 0–1.

2.4. Data Analyses

We used non-Metric Multidimensional Scaling (NMDS), a gradient analysis approach based on a
distance or dissimilarity matrix, to visualize differences in taxonomic structure of the macroinvertebrate
assemblage [34]. NMDS is an iterative procedure and was performed using the function metaMDS from
the “vegan” package [35]. For this, we used the Bray-Curtis dissimilarity distance, a non-Euclidean
distance used to quantify the compositional dissimilarity between two different samples, and log10(x + 1)
transformed abundance in each sample. To examine the gradient of effect of the geographic variables,
we fitted smooth surface splines using the ordisurf function from the “vegan” package. This procedure
uses generalized additive models (GAMs) to overlay a smoothed response surface, which allows a
more detailed interpretation than a simple linear vector [36].

To assess the correlation between macroinvertebrate assemblages and environmental variables,
we ran variance partitioning [37,38] for the macroinvertebrate assemblage matrix and the metrics,
using the varpart function in “vegan” while the significance of fractions was tested using the dbrda
function. This method partitions the variation between the pure effects of each variable, or group of
variables and the shared variance explained. First, we considered the three groups of variables (i.e.,
geographic, climatic or habitat) together, and afterwards we ran separate analyses for each group. The
pure effect of each geographic variable (i.e., altitude, latitude or longitude) was considered, while for
habitats the variables were divided in two groups (distribution in classes of mineral and biological
substrates abundance) as well as for climatic variables (temperature and precipitation related variables).

Differences in assemblage composition among alteration classes were quantitatively explored, as
well as seasonal controls, with the additive effects of “sampling season” and “alteration status” being
tested within a permutational multivariate analysis of variance (PERMANOVA) via the adonis function
within the “vegan” package. Indicator species analysis (IndVal.g; [39]) was employed to search for
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significant indicator species discriminating the pristine versus altered study sites. Raw species relative
density data were used within the function multipatt function from the “indicspecies” package [39]
that incorporated a correction for unequal group sizes. IndVal combines the information on the
concentration of species abundances in a particular group (A) and the degree of occurrence in that
particular group (B). Thus, ideal indicator species are those that are always present at sites in a given
group and never occur in other groups [40]. The indicator values range from 0–1, the value presented
in this study corresponding to the square root of the product between A and B. The significance of the
indicator values was tested by 999 Monte Carlo permutations where the observed indicator value was
tested against those derived from randomized data, alpha was set to 0.001.

Temporal trends of different macroinvertebrate metrics (three taxonomic, two functional and
three selected taxa) were explored separately for each season as their differing taxonomic compositions
(driven by organism’s life-cycles) can respond differently to long-term changes in environmental
conditions (e.g., [41]). Invertebrate metrics were modeled as a smoothed response over time through
GAMMs via the gamm function in the “mgcv” package [42]. For this, cubic splines were implemented
and a Gaussian distribution was modeled. Each study site was input as a random effect to account for
communities from each sampling location potentially being correlated over time [8] and a first-order
autoregressive process was adopted to account for temporal autocorrelation (correlated errors within
years were accounted for); these criteria yielded the optimal model compared to respective models
(GAMs or GAMMs) without a random effect or a first-order autoregressive process in all instances
(indicated by an Akaike Information Criterion value of ≤−2). Then, residual diagnostics were inspected
for each optimal GAMM to ensure the assumptions of homogenous variances and normal distributions
were met; where these criteria were satisfied, the significance of the time smoothing parameter was
obtained. In addition, periods where invertebrate responses significantly increased or decreased were
explored by the first derivatives of each GAMM using the method of finite differences derived from 200
equally spaced time points over the study period [43]. When residual checks revealed the assumptions
of GAMMs were not satisfied, temporal changes were instead visualised through a “LOcally Estimated
Scatterplot Smoothing” (LOESS) function.

We performed all statistical analyses using R project software [25].

3. Results

3.1. Similarity among Macroinvertebrate Assemblages

The NMDS plot showed that macroinvertebrate assemblages inhabiting the River Po catchment
displayed a strong geographic pattern (Figure 2). The main influence of longitude and altitude
were observed along the NMDS axis 1 (Figure 2a,b) while the effect of latitude was more important
along NMDS axis 2 (Figure 2c). Sites positively loaded on axis 1 tended to be characteristic of
lowland sites (<400 m a.s.l.), while sites negatively loaded were typical of high-altitude sites (>1800
m a.s.l). We identified a clear altitudinal pattern in the position of the macroinvertebrate families in
the ordination space (from right to left and from bottom to top Figure 2c). Assemblages inhabiting
high-altitude sites were characterized mostly by families (with average NMDS1 score < −0.5) belonging
to the Plecoptera order (i.e., Taeniopterygidae, Chloroperlidae, Perlodidae, Perlidae and Nemouridae),
but also some Trichoptera (i.e., Glossosomatidae, Philopotamidae and Limnephilidae), Coleoptera (i.e.,
Scirtidae and Hydraenidae), Diptera (i.e., Blephariceridae, Thaumaleidae, Pediciidae and Psychodidae),
Oligochaeta (i.e., Haplotaxidae) and Platyhelminthes (i.e., Planariidae). Macroinvertebrates inhabiting
lowland sites were characterized mostly by non-insect families (with average NMDS1 score > 1.2)
(e.g., Unionidae, Acroloxidae, Salifidae, Haemopidae, Corbiculidae and Hydridae), although some
exceptions to this were observed with certain insect families (e.g., Sciomyzidae, Coenagrionidae and
Hydrometridae). The effects of longitude and latitude on assemblage structure are less representative
but coherent with the geographic characteristics of the studied catchment and partial covariates with
the observed pattern of altitude.
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Figure 2. Nonmetric multidimensional scaling (NMDS) ordination plot for aquatic macroinvertebrate
assemblages where the a-priori identified alteration status are colored. Dark gray denotes the
assemblages that belong to pristine sites (n = 534) while light gray denotes those assemblages that
belong to sites where an impact is present (n = 2563). Shaded ellipses represent the 95% confidence
interval surrounding the centroid of each impact class in the ordination space. Overlaid smooth
surface display blue splines using generalized additive models (GAMs) for Altitude (a), Longitude (b)
and Latitude (c). Numbers on the splines represent respectively meter above sea level and WGS84
coordinates. Macroinvertebrate families are positioned in the ordination space with uppercase labels,
as weighted averages. 3D stress = 0.16.

In the variance partitioning framework, when examining climatic, habitat and geographical
variables simultaneously, climatic variables alone explained a much higher proportion of the variability
than habitat or geographic variables. The total variance explained was 32.2%, with the pure effect of
the climate accounting for 9.4% and, combined with the shared influence of habitat and geographic
variables, this increased to 28.0% (Figure 3a). The pure effect of the habitat variables was 3.1% and,
combined with the shared influence of climatic and geographic variables, this increased to 15.1%.
Similarly, the pure effect of geographic variables was 1.0% and, combined with the shared influence of
habitat and climatic variables, this increased to 15.1%. When examining variable types (climate, habitat
and geographic) separately, the variance explained by climatic variables was mostly due to the shared
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influence among temperature and precipitation related variables (16.4% Figure 3b). The total variance
explained by habitat was 15.1%, with the mineral substrate yielding the greatest statistical influence
(pure effect 11.2%, Figure 3c). Similarly, geographic variables explained 15.1% of the statistical variation
whereby altitude proved to be the most influential variable (pure effect = 8.1%, pure plus shared effect
= 14.0%, Figure 3d).

Water 2020, 12, x FOR PEER REVIEW 7 of 17 

 

influence of habitat and climatic variables, this increased to 15.1%. When examining variable types 

(climate, habitat and geographic) separately, the variance explained by climatic variables was mostly 

due to the shared influence among temperature and precipitation related variables (16.4% Figure 3b). 

The total variance explained by habitat was 15.1%, with the mineral substrate yielding the greatest 

statistical influence (pure effect 11.2%, Figure 3c). Similarly, geographic variables explained 15.1% of 

the statistical variation whereby altitude proved to be the most influential variable (pure effect = 8.1%, 

pure plus shared effect = 14.0%, Figure 3d). 

 

Figure 3. Results of variance partitioning on macroinvertebrate assemblage matrix. Panel (a) shows 

the results for the three considered groups of variables together while other panels show the detailed 

results for each group. Panel (b) refers to climatic variables, panel (c) to habitat variables and panel 

(d) to geographic ones. Values displayed are the adjusted R2 and negative values are not shown. The 

unexplained portion is shown in the bottom right of panels (Residuals). Significance of the pure effects 

are show as asterisks. *** p < 0.001. 

3.2. Presence of Human Impacts 

PERMANOVA highlighted significant differences among the assemblages inhabiting pristine 

sites versus those subjected to some form of human alteration (F = 167.97, R2 = 0.05, p < 0.001). The 

two clusters cover most of the altitudinal and latitudinal ranges of the River Po catchment, while the 

pristine sites were better represented in its western part (Figure S1). 

Indicator species analysis highlighted a range of macroinvertebrate families that differed 

significantly between the two alteration classes, with many insect families associated with pristine 

Figure 3. Results of variance partitioning on macroinvertebrate assemblage matrix. Panel (a) shows
the results for the three considered groups of variables together while other panels show the detailed
results for each group. Panel (b) refers to climatic variables, panel (c) to habitat variables and panel
(d) to geographic ones. Values displayed are the adjusted R2 and negative values are not shown.
The unexplained portion is shown in the bottom right of panels (Residuals). Significance of the pure
effects are show as asterisks. *** p < 0.001.

3.2. Presence of Human Impacts

PERMANOVA highlighted significant differences among the assemblages inhabiting pristine sites
versus those subjected to some form of human alteration (F = 167.97, R2 = 0.05, p < 0.001). The two
clusters cover most of the altitudinal and latitudinal ranges of the River Po catchment, while the
pristine sites were better represented in its western part (Figure S1).

Indicator species analysis highlighted a range of macroinvertebrate families that differed
significantly between the two alteration classes, with many insect families associated with pristine sites
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and non-insect families associated with altered sites (Table 1). Twenty-three macroinvertebrate families,
spanning across several taxonomic orders, displayed greater affinities for pristine sites, while 12
families showed greater affinity for the sites impacted by anthropogenic environmental alterations
(Table 1). For all the selected families, the A term was bigger than the B term, suggesting these taxa are
good indicators of the altered group, but are present only occasionally.

Table 1. Results of the IndVal analysis for Pristine and Altered sites. A represent the probability that
the surveyed site belongs to the target site group given the fact that the family has been found, whereas
B represent the probability of finding the family in sites belonging to the site group. All the reported
associations were significant after 999 permutation at alpha = 0.001.

Taxa Group Family A B IndVal

Pristine Sites

Oligochaeta Haplotaxidae 0.76 0.90 0.82
Plecoptera Chloroperlidae 0.80 0.70 0.75
Trichoptera Polycentropodidae 0.76 0.71 0.74

Diptera Dixidae 0.71 0.73 0.72
Ephemeroptera Leptophlebiidae 0.80 0.59 0.69

Plecoptera Taeniopterygidae 0.76 0.52 0.63
Oligochaeta Enchytraeidae 0.78 0.49 0.62

Diptera Psychodidae 0.76 0.46 0.59
Diptera Rhagionidae 0.70 0.48 0.58

Plecoptera Perlodidae 0.86 0.32 0.52
Trichoptera Philopotamidae 0.82 0.31 0.51
Trichoptera Glossosomatidae 0.75 0.32 0.49
Trichoptera Beraeidae 0.71 0.28 0.44
Coleoptera Scirtidae 0.80 0.20 0.40
Trichoptera Odontoceridae 0.79 0.20 0.40

Diptera Thaumaleidae 0.69 0.19 0.36
Plecoptera Perlidae 0.83 0.16 0.36

Diptera Blephariceridae 0.81 0.16 0.36
Platyhelminthes Planariidae 0.83 0.15 0.35

Diptera Pediciidae 0.72 0.16 0.34
Diptera Athericidae 0.84 0.09 0.28

Coleoptera Hydraenidae 0.90 0.04 0.19
Plecoptera Nemouridae 0.96 0.02 0.15

Altered sites

Oligochaeta Tubificidae 0.80 0.70 0.59
Hirudinea Erpobdellidae 0.76 0.71 0.55
Crustacea Gammaridae 0.71 0.73 0.51
Crustacea Asellidae 0.80 0.59 0.41

Gastropoda Physidae 0.76 0.52 0.37
Odonata Calopterygidae 0.78 0.49 0.30

Gastropoda Lymnaeidae 0.76 0.46 0.30
Hirudinea Glossiphoniidae 0.70 0.48 0.27
Bivalvia Corbiculidae 0.86 0.32 0.27

Heteroptera Aphelocheiridae 0.82 0.31 0.24
Gastropoda Hydrobiidae 0.75 0.32 0.23
Gastropoda Planorbidae 0.71 0.28 0.20

3.3. Metrics and Indices

The density of macroinvertebrates ranged between 12 and 36,820 individuals *m−2 (1673 ± 2260,
mean ± standard deviation) in the whole study area, whereas family richness varies between 3 and 44
(19 ± 7). The macroinvertebrate families selected on the basis of their wide geographic distribution and
relevance to bioassessment (i.e., Nemouridae, Heptageniidae and Limnephilidae) were often present
in the considered samples (48%, 77% and 42%, respectively) and their density ranged between 0–830,
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0–1660 and 0–6760 (respectively) per square meter. The percentage of Ephemeroptera, Plecoptera and
Trichoptera individuals (%EPT) within a sample was 51 ± 25%, while the Shannon diversity index (H’)
ranged between 0.01 to 2.96. The Pearson’s correlation between metrics and indices was significant in
the majority of instances (Figure 4), but the only two pairs of highly correlated indices (r > 0.70) were
taxonomic richness versus functional richness (r = 0.76, p < 0.001) and H’ versus functional diversity
(r = 0.80, p < 0.001).
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Figure 4. Correlation among macroinvertebrate communities metrics and indices. The diagonal
represents the density function of each metric or index, below the diagonal the pairs plot are presented
and above the diagonal the Pearson’s correlation between each pair of metrics and indices is reported
along with the significance levels. Levels of statistical significance are as follows: ***, p < 0.001;
**, p < 0.01; ns, p > 0.05.
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In the variance partitioning framework, the relative density of the three selected macroinvertebrate
families (Nemouridae, Heptageniidae and Limnephilidae) and functional diversity were less influenced
by the geographic position, climate and habitat than the multivariate assemblage structure and other
univariate metrics (Table 2). The total variance explained for structural indices and functional richness
ranged between 27 and 31% and the influence of climatic variables was always the greatest (24–28%),
as observed also for the multivariate assemblage structure. The variance explained by climatic variables
was mostly due to the shared influence with habitat and geographic position than to its pure effect for
all metrics (Figure S2).

Table 2. Results of variance partitioning on macroinvertebrate metrics and indices. Values reported are
the adjusted R2.

Metric/Index Total Explained Variance Geographic Climatic Habitat

Assemblage distance matrix 32.2 15.1 28.0 15.5
Nemouridae density 16.2 13.2 14.1 5.4

Heptageniidae density 10.3 4.9 8.4 3.6
Limnephilidae density 6.0 2.8 5.9 0.1

Family richness 31.3 8.6 27.6 11.0
EPT proportion 30.2 13.8 25.7 19.8

Shannon 27.6 7.6 24.6 11.3
Functional Richness 26.7 13.9 24.6 6.6
Functional Diversity 11.3 4.4 9.4 2.5

3.4. Temporal Trends of Metrics and Indices

Using GAMMs, it was possible to assess the significance of the temporal trends for four out of
eight tested metrics and all proved to be significant (p < 0.05) for all the seasons with coherent patterns.
Over the first few years of monitoring (c. 2008–2011), family richness, Shannon and functional diversity
declined significantly (Figure 5a–c,e). The taxonomic richness and Shannon notably increased between
c. 2011–2017, decreased significantly thereafter (Figure 5a–c,g–i); these patterns were broadly mirrored
by the functional diversity response, although fewer significant changes were detected for this metric
(Figure 5j–l). The %EPT broadly contradicted the temporal trends observed for the other metrics,
although they largely displayed a lack of significant temporal variations. One exception to this was
a significant increase in values in the fall months after 2017, whereby an abrupt decline (c. 10–15%)
occurred across the two years prior and then completely recovered by the end of 2018.
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Figure 5. Temporal trajectories of (a–c) family richness, (d–f) %EPT, (g–i) Shannon diversity index (H’)
and (j–l) functional diversity as a function of the generalized additive mixed-effect models (GAMMs)
outputs for the different seasons. The significance of the time smoothing parameters is reported within
each panel. Significant increases or decreases in slope are represented respectively in blue and red colors.
Corresponding graphs, only to visualize temporal trends via LOESS (Locally Estimated Scatterplot
Smoothing) for the other metrics and indices are shown in Figure S3.

4. Discussion

Findings from this study highlighted that the structure of macroinvertebrate assemblages in
the River Po catchment (Northern Italy) were controlled by multiple drivers acting at both coarse
(e.g., altitude and climate) [44] and local spatial scales (e.g., habitat characteristics) [45]. The variance
partitioning analyses highlighted that the variation in macroinvertebrate assemblages was mainly
explained by the shared influence of the three groups of environmental variables and indicated that
climate defined most of the variance explained, followed by habitat and then geographic position.
Altitude has a well-documented control of flow and thermal regimes, which are widely recognized
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as primary determinants shaping macroinvertebrate assemblage structures (e.g., [46–48]). Mineral
substrate composition showed greater association with macroinvertebrate than biological substrates,
which is likely due to the latter being almost completely absent in sites above 500 m a.s.l. [21],
while coarse substrates are commonly associated with steeper channel slope, and hence occur more
widely at higher altitudes. Our findings highlighted that altitude was the main geographic driver within
the study area, as reported in many other studies (e.g., [49,50]), thus confirming our H1 hypothesis.

The results of NMDS analyses showed that the macroinvertebrate assemblages of the present
study were strongly driven by geographic variables and particularly by altitude, confirming again our
H1 hypothesis. High altitude assemblages, as well as those inhabiting pristine sites, were dominated
by Plecoptera families. The association between Plecoptera and altitude is well known (e.g., [51,52]),
as is their vulnerability to climatic changes through their restricted altitudinal niche, which has been
previously highlighted [53] and represents a new threat for this order in the study region (alongside
pollution) [54]. Families belonging to other orders such as Trichoptera, Coleoptera, Diptera, Oligochaeta
and Platyhelminthes showed similar altitudinal gradients (i.e., strong association with high-altitude
sites). These results are due, at least partially, to their biogeographic distribution and not the effect of
human alterations. Among the families representative of lowland sites, some are commonly associated
with the potamal stretches (longitudinal distribution according to [30]) of rivers and streams (e.g.,
Unionidae, Corbiculidae), or with lentic waters (e.g., Hydrometridae, Acroloxidae), whereas others are
more habitat generalist (e.g., Salifidae, Haemopidae). While some of these are considered indicators
of good environmental status (e.g., Unionidae and Hydrometridae), Corbiculidae is considered an
invasive family in Italy and was associated with altered sites in this work. In summary, high altitude
assemblages were dominated by insects, while lowland assemblages were dominated by non-insects,
and were more susceptible to biological invasions [55].

According to PERMANOVA, significant differences occurred among the assemblages inhabiting
the pristine versus altered sites, confirming our H2 hypothesis. Moreover, IndVal analysis identified
various families associated with the different alteration status, supporting our H3 hypothesis.
The macroinvertebrate families associated with pristine sites were typically indicators of good
water quality, as highlighted within Biological Monitoring Working Party (BMWP—[13]). Conversely,
most families associated with altered sites are generally classified indicators of impaired water quality.
Such findings agree with the extensive literature available about the tolerance of macroinvertebrate
families to water quality impairment (e.g., [56–58]); nonetheless, many families commonly classified as
sensitive to nutrient enrichment (e.g., Leuctridae, Heptageniidae and Leptoceridae) did not display
significant differences between their abundance in pristine and altered sites. In addition, many of the
families associated with pristine sites are classified as rheophilic within the Lotic-invertebrate Index
for Flow Evaluation metric (LIFE—[14]), which is widely used to define hydroecological relationships.
Conversely, many of the families associated with altered sites possess LIFE scores that indicate they
are reflective of slower flow conditions. Such ecological trends are critical within biomonitoring
assessments, and as such further explorations of the relationships among selected pressures and the
responses of biological indices required to help guide specific management actions [59].

The results of the variance partitioning analyses applied to structural indices, functional richness
and those of multivariate assemblage structure were broadly comparable; while the absolute abundance
of Nemouridae, Heptageniidae and Limnephilidae and the functional diversity were less responsive to
the considered environmental drivers. We processed a limited number of metrics which responded
differently to different stressors. Given that individually, these metrics only characterize a small
part of the assemblage, they may lack sensitivity to changes in certain environmental conditions or
when multiple anthropogenic stressors are present [60], which may have resulted in incongruent
responses and certain ecological trends not being detected [61]. Future studies that focus on the effect
of specific anthropogenic modifications in this catchment (as well as studies using biomonitoring data
elsewhere) could build upon this study and focus on macroinvertebrate indices and metrics developed
to assess a species stressor (e.g., BMWP for nutrient enrichment and LIFE for hydrological alterations).
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Notwithstanding, univariate indicators used in this study consider complete macroinvertebrate
assemblages which reliably characterize assemblage structure and are capable of capturing ecological
responses to environmental gradients. The relative density of selected families are likely controlled
both by stochasticity and by natural and anthropogenic drivers that act at smaller temporal and spatial
scales than considered in this research, such as short-term climate variations and/or local pollution
events [62].

In accordance with our last hypothesis (H4) we identified significant temporal trends for some
of the studied metrics. Inter-annual variations in macroinvertebrate assemblages can be due to
environmental changes such as climatic variations driving river flow and thermal regimes [63], changes
in anthropogenic pressures (e.g., river restoration), to the establishment of invasive species [8], or to
the interactive effects of those drivers [41]. The first few years of the study period witnessed evident
declines in various response metrics; namely, taxonomic richness and diversity, during a time when
discharges were increasing following a major drought in 2007 [64]. Comparably, significant increases
in the same metrics were observed in 2017, when an unprecedent heatwave occurred across southern
Europe that triggered a severe drought in many areas, persisting into fall [65]. These significant
temporal trends indicate that macroinvertebrate assemblages inhabiting the Po catchment thrive
during low-flow periods, likely due to many taxa within the regions displaying strong tolerance
mechanisms to drought in a region known for its harsh, dry summers. Despite this, Ephemeroptera,
Plecoptera and Trichoptera taxa displayed the opposite trend, most notably during autumn months.
Such findings are unsurprising, as at the order level these taxa are negatively associated with low-flow
periods [66], while autumn months depicts a critical time for the larval recruitment development.
As such, significant temporal variations displayed in the Po catchment are most likely attributed to
inter-annual flow and thermal regime variations. It is unlikely that temporal trends within this large
catchment were driven by modifications of the anthropogenic pressures because those would have
varied spatially across the Po catchment and generally do not present abrupt changes like the ones that
we observed for the macroinvertebrate assemblages [67].

5. Conclusions

Final Remarks

Our results provide evidence of the link between local climate and macroinvertebrate assemblages
in the catchment of River Po (North Italy). The detail of this study dataset allowed for important
environmental attributes (e.g., altitude, habitat characteristics) shaping biotic communities to be
identified, along with ecologically important and vulnerable regions and time periods (e.g., extreme
climatic events). Such research is required globally to help inform large-scale management and
restoration efforts that are sustainable over long-term periods. While this study represents the first
of its kind across the region, further studies need to focus both on the effects of inter-annual climate
variability on macroinvertebrate assemblages to further explore temporal trends described here, as well
as to cultivate a better understanding of primary stressors shaping biotic assemblages through the use
of specifically developed metrics (e.g., nutrient enrichment—BMWP; flow—LIFE,). To achieve a better
understanding of macroinvertebrate assemblage dynamics within this catchment, the biomonitoring
network can be improved by focusing on “reference” sites (largely free from human interference),
although this study highlighted the difficulty finding such conditions in lowland environments. Further
analyses should focus on the response of the families which we have identified representative of
pristine sites in this study; in medium-high altitude sites in particular, such research could unveil
differences in ecological dynamics between pristine and impacted sites. Moreover, from a management
perspective, there remains a global need to incorporate measures of different anthropogenic impacts
within (or alongside) ecological databases, as this would allow key drivers and stressors to be identified
and integrated into effective management strategies.
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Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/9/2452/s1,
Table S1: Macroinvertebrate functional traits examined within this study, with biological traits in non-italicized
text and ecological traits being italicized, Figure S1: Distribution of pristine and altered sites along the geographic
gradients, Figure S2: Results of variance partitioning on macroinvertebrate metrics and indices. Values displayed
are the adjusted R2 and negative values are not shown. The unexplained portion is shown in the bottom right of
panels (Residuals), Figure S3: Temporal trajectories of (a–c) log10 transformed Nemouridae absolute abundance,
(d–f) log10 transformed Heptageniidae absolute abundance, (g–i) log10 transformed Limnephilidae absolute
abundance and (j–l) Functional Richness visualized using LOESS (Locally Estimated Scatterplot Smoothing) for
the different seasons.
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Abstract: The most important environmental characteristic in streams is flow. Due to the force of
water current, most ecological processes and taxonomic richness in streams mainly occur in the
riverbed. Benthic algae (mainly diatoms) and benthic macroinvertebrates (mainly aquatic insects)
are among the most important groups in running water biodiversity, but relatively few studies have
investigated their complex relationships. Here, we review the multifaceted interactions between
these two important groups of lotic organisms. As the consumption of benthic algae, especially
diatoms, was one of the earliest and most common trophic habits among aquatic insects, they then
had to adapt to the particular habitat occupied by the algae. The environmental needs of diatoms
have morphologically and behaviorally shaped their scrapers, leading to impressive evolutionary
convergences between even very distant groups. Other less evident interactions are represented by
the importance of insects, both in preimaginal and adult stages, in diatom dispersion. In addition,
the top-down control of diatoms by their grazers contributes to their spatial organization and
functional composition within the periphyton. Indeed, relationships between aquatic insects and
diatoms are an important topic of study, scarcely investigated, the onset of which, hundreds of
millions of years ago, has profoundly influenced the evolution of stream biological communities.

Keywords: coevolution; epizoosis; grazing; periphyton; scrapers

1. Introduction

“The substratum is the stage upon which the drama of aquatic insect ecology is acted out”: this
famous sentence of Minshall [1] is still relevant today, and can be extended to the essence of running
water biota. In fact, while in lentic environments the water column hosts a rich and diverse community
of producers (i.e., phytoplankton) and consumers (i.e., zooplankton and larger organisms), the effect of
flow almost eliminates this habitat in lotic systems. Flow is the environmental factor that conditions
life in lotic systems the most, exerting an incessant and unidirectional force on everything exposed to
moving water [2]. Therefore, the majority of organisms that inhabit running water habitats belong to
the benthic community, i.e., they are strictly associated with the stream bed. In this context, benthic
algae and benthic macroinvertebrates represent the most important elements, but there are very few
comprehensive studies that consider the different relationships between these two groups.

Almost all surfaces that receive light on river bottoms are covered with aquatic algae, which can
be separated into two major non-taxonomic groups, macro- and micro-algae. The first group includes
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species whose thallus is visible to the naked eye, while the second group includes the smaller species.
The latter is the most diverse and rich and, in this context, diatoms represent the ecologically most
relevant group, reflecting their widespread occurrence and ecological success [3]. Diatoms are the
most diverse group of algae in fresh waters and can colonize almost all aquatic habitats, although
green algae and cyanobacteria can be very abundant under certain conditions. Filamentous green
algae, for example, tend to prevail in lentic or slow water environments stressed by eutrophication,
acidification and metal contamination [3]. The unique life cycle that characterizes diatoms, coupled
with their particular wall structure and cell division mechanism [4], has probably played an important
role in the evolutionary success of this group of algae. In the benthic habitats, primary producers are
the principal component of the complex matrix called periphyton. Periphyton stoichiometry, i.e., C:N:P
ratios, greatly influences grazer growth rate and the acquisition of energy reserves. Indeed, benthic
algae represent a great energy source and high-quality food for macroinvertebrates due to their low
C:N and C:P ratios and high protein and lipid contents [5]. Among the autotrophic groups composing
the periphyton, diatoms are considered high quality food for macroinvertebrates compared to green
algae [6] and cyanobacteria, due to their high content in long chain polyunsaturated fatty acids [7].
Beside stoichiometry, cyanobacteria represent a low-quality food source for grazers for several other
reasons, such as the possession of toxins and secondary metabolites (for example protease inhibitors),
their morphology (filamentous and/or colonial) and the lack of essential dietary lipids (see [8] and
references therein).

Periphyton can be organized into different layers, whose spatial architecture approximates the
vertical organization of terrestrial forests at a microscopic scale. In this context, diatoms are classified
into growth forms according to their different positions in the biofilm, which in turn depend on their
attachment mode to the substrate. At the basal level, we find adnate forms closely attached to the
substrate through the entire valve surface or girdle bands. In the intermediate level, pad attached and
stalked forms prevail. They first stick to the substrate by the mucilage excreted through the apical pore
field located at one or both poles; the stalked forms produce a mucilage stalk that can be simple or
branched. Within the periphyton, another important group of diatoms is represented by motile taxa;
these are species able to move both within the biofilm and among cobbles towards the most suitable
environmental conditions. Finally, on the upper layer we find overstory diatoms loosely attached,
or unattached to the substrate. The growth form determines much of the diatom ecology, including
how they interface with the primary consumers, discussed below.

Benthic macroinvertebrates represent a well-known group, widely used in biomonitoring, whose
communities consist of species mainly belonging to Tricladida, Annelida, Crustacea, Mollusca,
Nematoda, Nematomorpha, and Insecta. Insects represent the dominant component in lotic invertebrate
communities because of their species richness, diversity, abundance, distribution and ubiquity [9];
60.4% of the 126,000 worldwide known freshwater animal species are insects [10]. Likewise, aquatic
insects are one of the most important elements of the lotic food webs, acting as primary and secondary
consumers, pivotal in the processing and cycling of nutrients, producing a considerable amount of
biomass to the ecosystem by means of their high secondary production, i.e., generating biomass [11,12].
They have also an important role linking aquatic food webs with terrestrial food webs by means of
their flying activity during the adult stage of life.

Considering that diatoms and insects represent the most taxonomically rich, diverse and abundant
groups among freshwater benthic algae and invertebrates, we focused on these two groups. Here,
we review the complex interactions between the two most important groups of lotic organisms, namely
benthic diatoms and macroinvertebrates, to try to shed light on the importance of these interactions.

The most obvious interaction between stream macroinvertebrates and diatoms is grazing,
performed by herbivorous invertebrates on benthic biofilm. According to the classification of
macroinvertebrates in functional feeding groups (FFGs; Table 1), the grazers (also called scrapers)
include macroinvertebrates that feed on periphyton on hard surfaces [13].
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Table 1. Classification of the functional feeding groups (FFGs).

FFG Type of Trophic Resources

Shredders Coarse (>1 mm) particulate organic matter (CPOM): fragments of
leaves, plant tissue and wood debris

Scrapers Attached benthic algae (i.e., diatoms, green algae, and cyanobacteria)

Collector-gatherers Fine (50 µm –1 mm) particulate organic matter (FPOM)

Collector-filterers Very fine (<50 µm) particulate organic matter and micro-organisms
in the water column

Predators Small animals

Although many stream invertebrates have considerable plasticity in the foods they ingest and
can consume periphyton at some part of their lives [14], we found specialized scrapers in 6 out of 13
orders of insects with aquatic species not particularly related among them from a phylogenetic point
of view. This shows that this trophic strategy has evolved several times, independently, in running
water environments.

For those groups that colonized fresh waters originating from saltwater environments (e.g.,
gastropod molluscs, such as Lymnaeidae, Physidae) scraping is a simple transposition of something
that occurred in marine ancestors. Nevertheless, the situation is different for aquatic insects, the
dominant group of river macroinvertebrates, in terms of both taxonomic [10] and trophic [15] diversity.

It is generally believed that the first insects evolved in terrestrial environments and subsequently
colonized inland waters, although some discordant hypotheses have emerged [16]. The first aquatic
insects probably date back to the Permian [9]. Several groups of insects independently invaded aquatic
habitats [17], so that truly aquatic insects include the most primitive winged forms (Ephemeroptera) and
other ancient Paleoptera (Odonata), but also Neoptera Exopterygota (Plecoptera) and Endopterygota
(Trichoptera and Megaloptera). In addition to this, typically aquatic taxa are present in about eight
other insect orders, such as Coleoptera, Diptera, Lepidoptera and Hemiptera [9]. Most of these groups
comprise scrapers. Moreover, even some taxa usually considered as predators can behave as mainly
diatom consumers in some particular habitats, such as temporary streams [18].

In this context, two elements emerge as underlining the strict and ancient relationship between
aquatic insects and benthic algae.

The first element is antiquity. The first aquatic insects are generally believed to have been predators
feeding on a broad range of invertebrates. The second trophic habit that appeared was benthic
periphyton-scraping, in the middle of the Permian period [19]. This hypothesis comes from the analysis
of trophic resources available in ancient lotic systems (see [20]). Firstly, we have no fossil traces of
aquatic macrophytes before the Triassic; moreover, macrophytes do not represent a primary food
source for benthic invertebrates and, in particular, for insects [21]. Furthermore, it is well known that
an important part of the energy input in current lotic systems derives from allochthonous non-living
coarse particulate organic matter (CPOM), mainly terrestrial leaves [22]. However, this resource,
consumed by shredders, was probably scarcely available in the past because ancient catchments
were barely vegetated, and CPOM only assumed a certain importance in the early Cretaceous period,
with the spread of angiosperms [20]. Consequently, the availability of fine organic particles (FPOM),
originating from CPOM breakdown, was also probably low, explaining the late advent of filterers [23].
It can therefore be hypothesized that, for a very long period, the direct consumption of periphyton
was one of the earliest, most important and common trophic habits among lotic invertebrates, and in
particular among insects.

The second element is the selective pressure. As mentioned before, a second interesting aspect
underlining the important relationship between benthic algae and aquatic insects is that scraping
appeared several times, independently, in different and even very phylogenetically distant insect
groups. Scrapers can be found in six orders of insects and for some of these, feeding on algae
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represents probably one of the most important ways of life [23]. In the most ancient winged
group, the Ephemeroptera, grazers are very common in many families, such as Heptageniidae,
Siphlonuridae, Leptophlebiidae, Caenidae and Baetidae [24]. In addition, many Plecoptera feed
on periphyton, such as some Diamphipnoidae, Gripopterygidae, Notonemouridae, Capniidae and
Taeniopterygidae [25,26]. Among Hemiptera, some Corixidae are largely herbivorous, scraping algae
from submerged vegetation and stone [9,27]. Among Endopterygota, scrapers are also very common,
for example, Coleoptera Hydraenidae, Psephenidae, Helodidae/Scirtidae, Dryopidae and Elmidae
feed on algae in the preimaginal and/or adult stage [13]. Several families of Trichoptera are almost
exclusively scrapers, such as Glossosomatidae, Helicopsychidae, Apataniidae, Goeridae and Uenoidae;
others include many taxa with this trophic habit, such as Hydroptilidae and Leptoceridae, while some
other taxa are facultative scrapers, such as Psychomyiidae, Hydropsyche (Hydropsychidae) and Marila
(Odontoceridae) [28]. Among Diptera, according to [29], larval Blephariceridae, Deuterophlebiidae,
some Psychodidae, Ephydridae and Chironomidae are scrapers. In practice, all these organisms,
even very distant from a phylogenetic point of view, have undergone the same evolutionary pressures
to adapt to the scraper diet, and have therefore evolved some similar characteristics in a convergent way.

What are these characteristics? Or rather, how did algae shape their consumers? We must first
consider that the development of periphyton is not homogeneous in all river microenvironments, being
favored by some specific environmental conditions, such as good sunlight exposure (which facilitates
the photosynthetic process), medium to high current velocity (which prevents sedimentation and thus
protects algae from burial) and, in general, coarse substrata (which ensures better immovability over
time and a more stable colonization) [30].

In scrapers belonging to different insect groups, natural selection has favored the development of
similar morphological and behavioral adaptations, which can be summarized as follows.

2. Ability to Withstand Elevated Velocity Current Environments

Compared to shredders or predators, lotic grazers are exposed to higher hydraulic stress, as their
food sources colonize the top of boulders and pebbles due to their light requirements. Therefore,
the general adaptations presented by lotic aquatic insects to the high flow speed must be more
developed and more sophisticated in scrapers.

Different convergent strategies have been developed, aimed to minimize the threat of drifting
downstream by the current. These essentially include adopting a hydrodynamic profile, having powerful
adhesion structures (nails, suction cups, silk) or, in some cases, weighing down the body. Among aquatic
insects, the most impressive examples of hydrodynamic shape are found in scrapers. Since the
pioneering studies of Statzner and collaborators [31], the dorsoventral flatness of Heptageniidae
(Ephemeroptera) is believed to be the key that enabled these animals to colonize even the fastest
environments, taking shelter in the lowest, thick and viscous portion of the boundary layer, where
flow is slowest and laminar (Figure 1). In addition, immature stages of Diptera Deuterophlebiidae,
typical scrapers that inhabit riffle habitats where current velocities usually exceed 1 m/s, are noticeably
dorsoventrally flattened [32]. The same adaptation has occurred several times in the evolutionary
history of aquatic insects, reaching the most spectacular forms among Coleoptera, where the larvae
of Elmidae and Psephenidae have unique dimensional relationships, with very flattened, shield- to
disc-shaped body forms [17]. In addition to dorsoventral flattening, mayflies and beetles, despite being
distant in the evolutionary tree of hexapods, have adopted the same solutions even in smaller details,
namely the general body form (broader at the front and narrow behind), the presence of smooth
lateral structures helping the hydrodynamic profile (i.e., femura and headparts in heptagenids, lateral
plate-like extensions in Coleoptera larvae) and the existence of marginal hair fringes that increase the
adhesion capacity to the substrate.
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Figure 1. Dorsoventral flattening of an Ecdyonurus (Ephemeroptera: Heptageniidae) nymph (Photo
Roberto Messori; reproduced with permission from the author).

Moreover, to live in fast-flowing zones with high hydraulic constraints, scrapers have developed
very effective adhesion structures. The tarsal claws of rheophilic Ephemeroptera, Plecoptera, Coleoptera,
Diptera and Trichoptera are usually extremely robust, sharp and curved to better interlock with the
surface irregularities of the substrate [17]. Some Heptageniidae, such as Epeorus assimilis, can cling with
their claws to even slightly rough substrates, but Ditsche-Kuru and collaborators [33] found that the
presence of biofilm considerably increases the adhesion ability of insects. Other attachment devices are
represented by circlets of small hooks in the pseudopoda of Deuterophlebiidae and powerful ventral
suckers of Blephariceridae (Figure 2).
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3. Ability to Scrape Algae from the Substrate

Lotic algae, and in particular diatoms, are known to have strong adhesion ability to hard
substrates [34,35]. To feed on these organisms, different insect groups have had to adopt similar
morphological adaptations, in particular regarding mouthpart morphology. Arens [36] reported that
all scrapers had to find a solution to solve four main problems. Firstly, they must be able to detach
the algae from the substrate. Secondly, once removed from the substrate, algae must be collected and
transferred to the oral cavity. For example, some Heptageniidae mayflies exhibit adapted labial and
maxillary palps combining reinforced scraping parts and setose brush parts [37]. Among Plecoptera,
Brachypterinae have maxillae combining chisel-like structures in the lacinia and brush-like structures
in the galea [17]. Among Trichoptera, the mandibles of Glossosomatidae are elongated with edge
and broom structures [28]. In scraping beetles, mandibles can present a sharp, anterior incisor lobe,
while galea or lacinia can show a brush apparatus. Thirdly, the diatom siliceous shell can be a mechanical
protection against grazing that grazers need to overcome, although its defensive effectiveness is not
supported by much experimental evidence [38]. Finally, all this mouthpart activity must be carried out
in the shelter of the current. It is impressive how, starting from different morphological bases, all insect
scrapers have converged in adopting very similar solutions; for more details, see the comparison made
by Arens [39] of scraper mouthparts using SEM images. Lastly, this feeding mode leads to another
interesting convergence among aquatic insects, as scraper mouthparts are subjected to strong abrasion
and wear out quickly. These organisms have thus had to evolve specific adaptations, or use some
previously existing ones, such as the exoskeleton moult in arthropods, to favor renewal of mouthparts
and prolong their duration (see details in [36]).

In reviewing the aquatic insects–periphyton relationships, Lamberti and Moore [40] wondered if
taxon-specific preferences between grazers and attached algae exist and to what extent this selectivity
can be considered as an active or passive selection. After decades of field and mesocosm experiments,
the scientific literature shows evidence for a certain degree of selectivity by scrapers but, generally,
freshwater ecologists agree upon the fact that this selectivity is mainly a passive consequence of the
interplay between the size and morphology of the insect mouthparts and the algal susceptibility to
grazing according to their life forms [41–43]. Indeed, as already mentioned before, pad attached
(such as Meridion) or stalked (such as Cymbella and Gomphonema) diatoms are more susceptible to
grazing pressure than small adnate forms (such as Achnanhtidium) [41].

4. Adaptation to Live in The Open

Most benthic invertebrate species live hidden among the elements of the river bottom, between
the detritus, under the large boulders, in the interstices between the pebbles, or even burrowed in the
sand, where they find food and shelter from predators. However, this strategy cannot be adopted by
scrapers, which must spend a lot of time “above” and not “below” the rocks to feed. For this reason,
when wading a stream, insect scrapers are the most easily observable: for example, in an alpine creek,
the nymphs of Heptageniidae are commonly visible on the upper surface of boulders, while dense
populations of Blephariceridae stand out on large rocks with fast flow. It is the very nature of their
microhabitat (and therefore their food strategy) that protects them from predators: in fact, predators
select the most advantageous prey according to different factors, such as prey density, energy contents,
handling time and encounter rate [44], and this last element greatly reduces the vulnerability of scrapers.
For example, analyzing the diet of two large-sized predaceous Systellognatha Plecoptera, Bo et al. [45]
found that Blephariceridae, even if present in the same river stretch, were never consumed, probably
because they were too difficult to reach. Moreover, in another study focused on feeding preferences of
predaceous stoneflies, using trophic electivity indices to compare gut contents with natural composition
and abundance of macroinvertebrate community in the riverbed, Heptageniidae, as a food source,
was always negatively selected [46]. Interestingly, we also report that the few non-scraper insects
inhabiting the same microhabitats (upper surface of masses and rocks in very fast-flowing waters),
such as Diptera Simuliidae, are only included in the predator diet in exceptional cases [46].
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5. Direct and Indirect Effects of Scrapers in Shaping Diatom Communities

The relationship between scrapers and diatoms can also be viewed from the other side: how
do scrapers shape the diatom community as an effect of herbivory? Did diatoms evolve defense
mechanisms against herbivory? Grazing in freshwater benthic ecosystems was essentially unexplored
until the 1980s when Gregory [47] elaborated the theory of a top-down control of primary producers
by grazers. In the book Algal Ecology, Stevenson et al. [48] devoted an entire chapter to the regulative
action on benthic algae played by grazers. In most cases, periphyton is considered to be affected by both
bottom-up (nutrients, light and other abiotic factors) and top-down controls [49], but their respective
role can vary upon additional conditions. Graça and collaborators [49] performed an experimental
study in a low order tropical stream in enclosures under controlled conditions of nutrients and light.
Given the low grazer density, they expected a low grazing pressure. Conversely, they found an intense
grazing effect, more evident in semi-shaded areas (53% algal biomass removed) than in fully shaded
ones (33%). Moreover, grazing resulted in a decrease of diatoms in favor of cyanobacteria, which are
considered more tightly adhered in some cases (e.g., Chamaesiphonales), less palatable and lacking in
high-saturated fatty acids.

Herbivores can frequently alter periphyton composition and physiognomy as they more easily
consume overstory or loosely-attached algae [50], favoring a shift towards tightly attached prostrate
forms. Despite this, a recent study highlighted that herbivorous abundance apparently does not
significantly affect diatom ecological guild structure, and that grazing pressure has no effects on diatom
ecological guild diversity [51]. Besides possible changes in community composition, the overall biomass
can be almost unaltered by grazing pressure. In fact, the ability of grazers to induce a significant biomass
loss depends, among other reasons, on their density, as shown in classical mesocosm studies [52].

Given the complex multilayer structure of periphyton and the different feeding strategies adopted
by grazers, it is reasonable to hypothesize preferential feeding based on resource partitioning. Resource
partitioning is a central concept in community ecology as it may explain the coexistence of species
belonging to the same guild. It has been confirmed for terrestrial vertebrates, especially birds [53] but
hardly associated with benthic grazers, which are generally considered as largely generalists. In a recent
study, Piano et al. [54] examined the distribution of three Heptagenidae taxa, namely Rhitrogena, Epeorus
and Ecdyonurus, commonly found in Alpine streams. Their findings suggested that the distribution of
the first two genera was strictly linked to diatom biomass, whereas this relationship was not so evident
for Ecdyonurus, which has a more generalist diet including allochthonous detritus. Tall et al. [55]
analyzed the food preferences of grazers feeding on epiphytic diatoms growing on the moss Fontinalis.
Their findings suggest that when available food is reduced there is a resource partitioning within
the grazers. Based on their results, they divided the grazers into three categories: (1) true scrapers,
such as the coleopteran Promoresia and the caddisfly Hydroptila, which fed selectively on the adnate
diatoms; (2) generalists (e.g., Baetis and some Chironomidae), without any clear preference regarding
the biofilm layer; (3) surfers (e.g., some Chironomidae), which avoided the adnate diatoms and showed
a preference for detached cells. In this repartition, mouthpart morphology has a great importance [56].

In addition to the direct effects of grazing, aquatic insects that feed on attached algae can also
affect the composition and biomass of periphyton indirectly. For instance, the action of the grazers may
reduce the self-shading of biofilms and, in turn, stimulate the cell growth and species turnover within
the periphytic layer [57]. Moreover, grazers can indirectly affect diatom composition by favoring the
dispersal of certain taxa. Indeed, Peterson [41] observed that after gut passage, an important percentage
of ingested diatom cells stay viable when eliminated through feces (about 40–52%). The physical
dislodgement of diatoms by grazers can, therefore, significantly contribute to diatom dispersal,
especially in the downstream stretches. Another indirect and beneficial effect attributed to grazers is
the nutrient enrichment due to the residuals of ungrazed algae as well as grazers’ feces. In a mesocosm
experiment, Herren et al. [58] found that the area-specific primary production of attached algae was 71%
higher in the presence of residential Chironomidae larvae than in their absence, probably because of
the consumers’ fertilizing action. These findings suggest that the relationship between insect scrapers
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and attached algae is a complex trade-off between positive (i.e., beneficial) and negative (i.e., adverse)
interactions [57].

The occupation of different layers within the periphyton and, in particular, the basal one can be seen
as a strategy to resist the action of grazing. Furthermore, the siliceous frustule could have a defensive
function, though its anti-grazing role has been questioned in some articles, almost all related to marine
planktonic environment. Hamm et al. [59] started from the consideration that its role is not decisive as
diatoms are an elective food for a large variety of organisms. Nevertheless, they highlighted that in an
environment characterized by a high grazing pressure, such as the planktonic one, the presence of
a mechanical protection should play a role in reducing diatom population mortality and in shaping
phyto- and zoo-plankton populations. Pančić et al. [38] experimentally demonstrated that the frustule
defensive power of marine phytoplanktonic diatoms varies according to different grazing modes.
Calanoid copepods have robust mandibles that can crack diatom frustules before ingestion, with a
success rate that depends on the silica content of the frustule, which can vary among diatom species.
The frustule does not provide any protection against grazing by protozoans, which engulf their prey
and digest the cell content without breaking the valves. Despite the paucity of similar studies in
freshwater benthic environments, we can confirm that aquatic insects often digest the diatom content
without destroying the frustules. In fact, complete diatom frustules are usually found in aquatic insect
gut contents, and even intact but empty frustules are found in the insect fecal material, together with
other diatom individuals that have survived the passage through the digestive system [18,60].

Producing harmful secondary metabolites as anti-predatory mechanisms is a complex and
interesting issue that must still be unraveled. A few diatom taxa are known to produce a toxic amino
acid, domoic acid, which causes serious gastrointestinal and neurological consequences in humans and
aquatic animals [61]. These are the marine genus Pseudonitzschia [61] and the estuarine species Amphora
coffeaeformis [62]. More recently, Violi et al. [63] reported the production of other toxic amino acids, e.g.,
β-methylamino-L-alanine and its isomer 2,4-diaminobutyric acid, by several freshwater diatoms under
certain culture conditions, formerly only attributed to Cyanobacteria. They hypothesized that diatoms
could produce these toxins as a response to stress such as nutrient depletion. As suggested by this
study, production of these toxins in freshwater environments may become a health issue in freshwater
diatom blooms, although the effect on aquatic insects requires further research to be assessed.

On the other hand, the effects that massive blooms of some benthic diatoms have in modifying
the habitat for river communities are quite well known. In this regard, an emblematic example is
represented by the blooms of Didymosphenia geminata. This is the most studied invasive diatom [64],
which under certain environmental conditions produces large quantities of extracellular stalks that
can almost completely cover more or less long stretches of river, sometimes reaching an extension
of a few kilometers in length [65]. The blooms of D. geminata can profoundly alter the invaded
benthic communities, by decreasing β-diversity and increasing taxonomic homogenization in both
algal and invertebrate assemblages [66]. The thick filament mats prevent the movements of the
larger aquatic insects, such as the Heptageniidae, favoring instead smaller, opportunistic and generally
herbivorous organisms, such as the chironomids and oligochaetes [65,66]. When in bloom, the D. geminata
filamentous mats cover almost completely hard substrates, disadvantaging crawlers, shredders and
scrapers. The chironomids take advantage of the absence of large competitors and predators, and a
significant change in top-down control is therefore determined because the chironomids prefer the
larger diatoms, favoring in turn the smaller and pioneering taxa. Even though D. geminata stalks can
provide a suitable substrate for other diatoms (such as Achnanthidium spp.), contributing to changes in
diatom community composition, we found no significant evidence that this could lead to advantages or
disadvantages on macroinvertebrate communities. Overall, D. geminata blooms lead to a simplification
of the food web structure with a dominance of smaller organisms.
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6. Epizoic Relationships

In some instances diatoms take advantage of the relationship with macroinvertebrates, as in the
case of the epibiosis. The term “epibiosis” describes a strict association between organisms, in which
we can identify an epibiont (the organism that lives attached to the body surface of another organism)
and a basibiont (the organism that hosts epibionts [67]). Even if is not parasitic, this relationship is
often unbalanced because the epibiont has the greatest advantages. Here we review the relationship
between diatoms (as epibionts) and aquatic insects (as basibionts) in running water ecosystems.

Epibionts, such as benthic freshwater diatoms, have some obvious advantages in colonizing the
surfaces of aquatic insects, including: (i) an enhanced protection against grazing; (ii) an increased
accessibility to solar radiation, carbon dioxide and nutrients, because of the basibiont activity and
metabolism; (iii) a better ability to avoid burial by fine sediments; and (iv) an important benefit for
dispersion [68]. Benefits for basibionts are less obvious; some studies report that the presence of an
epibiont biofilm can be useful to increase camouflage and reduce irradiation, while others emphasize
how this layer can impair numerous functional processes (such as gas exchange) and limit the possibility
of movement [69]. For these reasons, epizoic (i.e., living on an animal) diatoms are probably more
common and diverse than previously supposed. To date, most studies on epizoic diatoms have been
performed in marine environments [70] and, of the studies carried out in fresh water, many have
focused on non-insect taxa. Freshwater diatoms have been found on Testudines [71], Gastropoda
Physidae [72], Rotifera [73], Copepoda [74] and, in particular, Crustacea Decapoda. Due to their
generally large size and hard exoskeletons, freshwater crabs and crayfish ideally represent optimal
basibionts for diatoms and other microalgae [68,75].

Although there are not many studies on the diatom–insect epibiosis, we can still underline how this
relationship has a considerable and probably underestimated importance, especially regarding the role
of aquatic insects in algal dispersion. Very few studies have focused on diatoms living on preimaginal
stages of aquatic insects. Larval cases of some Trichoptera are known to host algae [76], but mechanisms
regulating epibiotic associations between diatoms and aquatic stages are still practically unknown;
not all aquatic insects nor all diatom species show this kind of association. For example, Wujek [77],
using scanning electron microscopy, reported that three species of diatoms, among the numerous
present in the substrate of Cedar Creek (MI, USA), lived on the cerci of Caenidae nymphs, while
none were found on the nymphs of sympatric Ephemerellidae. Further studies need to be carried
out regarding pre-imaginal stages, while we have more information about epizoic diatoms on adult,
winged organisms. In fact, most aquatic insects have an “amphibious” life-cycle, characterized by the
presence of a pre-imaginal aquatic stage and an imaginal terrestrial stage. Contact between diatoms
and adult insects may occur during emergence from nymphal or pupal exuvia, or during oviposition,
when females (and occasionally also males, e.g., in some Odonata) come into contact with surface
water or even submerge to lay eggs in the vegetation or substrate, or when resting in the wet areas on
the banks of the stream or on the boulders reached by the splashes of water. For example, Stewart and
Schlichting [78] reported the presence of diatoms on the exoskeleton of some Odonata Zygoptera and
Anisoptera, Hemiptera Gelostocoridae, Diptera Chironomidae and Trichoptera Polycentropodidae
collected with light-traps at night or picked from riverbanks and vegetation surrounding water.
Another study reported that some diatoms (such as Navicula and Nitzschia) were found attached to
adult aquatic Diptera belonging to Tipulidae and Ptychopteridae families [79].

This is interesting, because adult stages may represent an important element in the dispersion
of diatoms, allowing algae to colonize new environments and to pass from river to river across
land barriers.
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7. Conclusions

In conclusion, relationships between aquatic insects and diatoms is a subject of great interest,
which, over hundreds of millions of years, has profoundly marked the evolutionary path of biological
communities in streams. In running water environments, these groups are truly among the most
important organisms from different points of view, whose multiple and often still unknown relationships
form the substrate at the base of entire communities and trophic chains. This review shows that the
direct and indirect grazing behavior of aquatic insects acts as an important and multifaceted mechanism
that affects the diversity, composition, growth rate and biomass of attached algae, along with the
bottom-up processes. However, the effects of these biotic interactions in shaping benthic algae
communities and ecosystem functionality have not been studied in-depth (but see [80,81]). A novel
and challenging approach could be adopting the recent advances of the metacommunity theory [82],
as biological communities are simultaneously shaped by the pure and combined effect of environmental
filters, spatial variables and biotic interactions. Although the former two categories of predictors
have been investigated a lot, few studies have attempted to quantify the latter category. In light
of their strong evolutive and trophic relationship, we believe that attached algae and aquatic insect
scrapers represent ideal organisms to better investigate the role of biotic interactions in shaping benthic
metacommunities. Similarly, we believe that all the natural and human-induced variations in the
distribution and density of scrapers, such as flow and thermal and sedimentary alterations, deserve
greater attention for future studies because of their cascade effects on the attached algae.
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Abstract: Freshwater organisms are facing threats from various natural and anthropogenic
disturbances. Using data sampled on a nationwide scale from streams in South Korea, we identified
the crucial environmental factors influencing the distribution and abundance of freshwater gastropods.
We used nonmetric multidimensional scaling and the random forest model to evaluate the relationships
between environmental factors and gastropod assemblages. Among the 30 recorded species, two
invasive gastropod species (Pomacea canaliculata and Physa acuta) have enlarged their distribution
(10.4% and 57.3% frequency of occurrence, respectively), and were found to be widespread in streams
and rivers. Our results revealed that the most influential factor in the distribution of gastropod
assemblages was the ratio of cobble (%) in the substrate composition, although meteorological and
physiographical factors were also important. However, the main environmental factors influencing
species distribution varied among species according to habitat preference and environmental tolerance.
Additionally, anthropogenic disturbance caused a decrease in the distribution of endemic species
and an increase in the spatial distribution of invasive species. Finally, the results of the present study
provide baseline information for planning successful strategies to maintain and conserve gastropod
diversity when facing anthropogenic disturbance, as well as understanding the factors associated
with the establishment of invasive species.

Keywords: snails; endemic species; invasive species; random forest model; multivariate analysis;
partial dependence analysis

1. Introduction

Freshwater gastropods comprise 5% of the global gastropod fauna but are facing a
disproportionately high degree of threat according to the 2019 IUCN Red List of Threatened Species
(http://www.redlist.org, Cambridge, UK) [1]. Furthermore, 74% of gastropod species have been
classified as vulnerable, endangered, threatened, or already extinct in the United States and Canada [2].
Similarly, in mollusks, 40% of freshwater bivalve species in the world are near threatened, threatened,
or extinct [3]. In South Korea, two rare species (Clithon retropictus and Koreanomelania nodifila) are listed
in the Red Book as endangered, and five species (K. nodifila, Koreoleptoxis globus ovalis, Semisulcospira
coreana, Semisulcospira forticosta, and Semisulcospira tegulata) are endemic in the database of the National
Aquatic Ecological Monitoring Program (National Institute of Environmental Research, Incheon, South
Korea) [4]. These threats are of particular global concern because most freshwater gastropods are
endemic with small geographic ranges [2,5–7].

The distribution and structure of gastropod assemblages are influenced by various environmental
factors [8,9]. Across a large-scale area that includes several basins, climate-related factors, such as
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temperature and precipitation as well as physiographical factors, are important in influencing the
structure of freshwater gastropod assemblages [10]. Other environmental factors, such as hydrological,
physicochemical, and biological factors, are important within the same climate region. Differences in
vegetation, land use, and flood disturbance are important in explaining variation in species composition
among streams [11,12]. In addition, within-stream and/or -microhabitat differences (e.g., differences
between flow regimes, substrate composition, and riparian vegetation) contribute to variations among
gastropod assemblages [13–15].

Gastropods are sessile and have a very limited ability to avoid unfavorable environments, making
it difficult to recover the heterogeneity of a freshwater ecosystem once it has been disrupted [10,16].
Therefore, research on the multiscale regulation of gastropod assemblage structures in freshwater
ecosystems is the first step in planning a successful strategy for either conserving or restoring
freshwater diversity. However, most studies on species distribution and assemblage structure have
had a small-scale focus or have been mainly conducted in lentic habitats [17,18], or considered only a
limited number of environmental factors [19–21].

Therefore, the present study aimed to identify environmental factors influencing gastropod
distribution patterns, focusing on lotic habitats on a nationwide scale (South Korea). Specifically, we
tested two hypotheses. First, large-scale factors, including temperature-related and physiographical
factors, are more influential than other factors in our research area to determine gastropod assemblage
structure. Second, major influential environmental factors differ depending on species. Finally,
we considered strategies for the conservation and management of freshwater gastropods based on
our results.

2. Materials and Methods

2.1. Ecological Data

Gastropod data were obtained from the database of the NAEMP (http://water.nier.go.kr/). Since
2008, NAEMP has conducted nationwide surveys of the freshwater organisms of South Korea, including
periphyton, benthic macroinvertebrates, and fish, together with associated environmental factors,
twice per year (i.e., spring and autumn, when natural disturbances such as heavy rain and drought are
at a minimum). The river systems in South Korea form five major river basins (i.e., the Han, Nakdong,
Yeongsan, Seomjin, and Geum River basins). Among these, the Han River basin (basin area: 41,957
km2) in the north of South Korea is the largest, occupying one-third of the country. The Nakdong River
basin (31,785 km2) is in the southeast, and the Geum River basin (17,537 km2) is in the midwest. Lastly,
the Yeongsan River (3,467 km2) and Seomjin River (4,912 km2) basins are located close to each other in
the southwest of South Korea [4,22–24].

Gastropods were collected at 714 sampling sites from all the South Korean river basins twice per
year from 2008 to 2013, using a Surber net (30 × 30 cm, 1 mm mesh size, Table 1). Three replicates were
collected from each sampling site at each sampling time and then were transformed into abundance/m2

for the further analyses, based on NAEMP guidelines [25]. Detailed information regarding the sampling
protocol is given in previous studies [26–28]. The samples were preserved in 95% ethanol in the
field, and then placed in 70% ethanol in the laboratory. They were sorted and identified, mostly to
species level, and the number of individuals per species was counted using naked-eye or microscope
examination [4].
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Table 1. Average values and standard deviations (SD) of the environmental variables characterizing
the sampling sites.

Environmental variable Abbreviation N Average S.D.

Meteorology
Annual average temperature (◦C) Ave_temp 714 11.2 1.3
Average temperature in August (◦C) Aug_temp 714 25.0 1.2
Average temperature in January (◦C) Jan_temp 714 −4.0 1.9
Thermal range (◦C) Thermal_range 714 29.0 1.5
Annual precipitation (mm) 714 1112 142

Physiography
Altitude (m) 714 114 130
Slope (◦) 714 4.2 5.9
Distance from source (km) DFS 714 50.8 80.1
Stream order Str_order 714 4 1

Land use
Urban (%) 714 18.7 24.9
Agriculture (%) 714 44.0 30.3
Forest (%) 714 30.0 30.7

Hydrology
Water width (m) W_width 711 64.9 98.1
Water depth (cm) Ave_depth 714 33.0 18.8
Water velocity (cm/s) Ave_velocity 714 38.8 23.8
Riffle (%) 714 18.1 17.3
Run (%) 714 70.9 20.8
Pool (%) 714 11.0 15.7

Substrate
Silt (%) 714 3.9 9.3
Clay (%) 714 8.5 12.1
Sand (%) 714 24.7 18.4
Small pebble (%) S_pebble 714 18.4 8.2
Pebble (%) 714 20.7 11.0
Cobble (%) 714 18.1 12.4
Boulder (%) 714 5.5 7.7

Water quality
Biochemical oxygen demand (mg/L) BOD 713 1.39 0.48
Total nitrogen (mg/L) TN 713 2.51 0.78
Ammonia nitrogen (mg/L) NH3N 707 0.05 0.03
Nitrate nitrogen (mg/L) NO3N 714 1.47 0.42
Total Phosphorus (mg/L) TP 694 0.05 0.02
Orthophosphate (mg/L) PO4P 679 0.02 0.01
Chlorophyll a (µg/L) Chl.a 714 1.53 0.67
Dissolved oxygen (mg/L) DO 714 9.25 1.17
pH 714 7.78 0.34
Electric conductivity (µS/cm) Conductivity 709 176.3 78.5

2.2. Data Analyses

We analyzed the data in three steps. First, we classified the sampling sites by conducting a
hierarchical cluster analysis (CA) based on gastropod abundance. The CA was calculated based on
the Bray–Curtis dissimilarity with Ward’s linkage method [29], using the ‘vegan’ package [30] in
R [31]. Then, multiresponse permutation procedures (MRPP) was considered to evaluate the significant
differences among the clusters defined through CA. We defined the indicator species in each cluster
using an indicator species analysis [32]. The indicator species was selected based on the indicator
value (IndVal), by considering relative species abundance and its associated relative frequency of
occurrence within the defined clusters. The IndVal range was from 0 to 100 (all individuals of a species
are included only within a single cluster). Species with a statistically significant (p < 0.05) IndVal higher
than 25% were selected as indicator species [32]. A site randomization procedure that reallocates
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samples among sample groups (9999 permutations) was used to test for significance. Indicator species
analysis was performed using the ‘indval’ function in the ‘labdsv’ package [33] in R [31].

Second, to describe the gastropod assemblage patterns, we applied nonmetric multidimensional
scaling (NMDS) based on the Bray–Curtis dissimilarity between sampling sites, using the ‘vegan’
package [34] in R [31]. In order to identify the best NMDS solution (i.e., the lowest STRESS value), the
‘metaMDS’ function was applied. Then, we used the ‘envfit’ function to evaluate the relationships
between gastropod assemblages and environmental factors [34,35]. All the analyses related to NMDS
were conducted using the ‘vegan’ package in R [31].

Lastly, a random forest (RF) model was used to predict the distribution of gastropod species
based on gastropod abundance and environmental variables, and to evaluate the contribution of
each environmental variable to species distribution. The RF model, a machine learning model, is
computed using a combination of a large set of decision trees [4,36], and does not require assumptions,
such as linear or nonlinear relationships between predictors (environmental variables in the present
study) and response factors (gastropod species) [27,37,38]. We used the ‘randomForest’ package [39]
in R [31], with the three default training parameters: ntree (number of trees = 500), mtry (number of
variables = 3), and node size (5). The importance of environmental factors to gastropod distribution
was computed based on the mean decrease in accuracy, and importance values were then rescaled
from 0 to 100 [40,41]. The RF model was applied to dominant gastropod species (here, more than
10% occurrence frequency, Table 2). Then, we used partial dependence analysis [42] to evaluate the
relationship between environmental factors and 11 gastropod species presenting more than a 10%
frequency of occurrence in all sampling sites.

Table 2. Gastropod species and their frequency of occurrence (%) in the dataset. Species with a
frequency of occurrence of over 10% are indicated in bold.

Order Family Species Abbreviation Frequency of
Occurrence (%) d

Lepetellida Trochidae Monodonta neritoides Mo_ne 0.14

Mesogastropoda Viviparidae Cipangopaludina chinensis
malleata Ci_ch 14.15

Cipangopaludina japonica Ci_ja 1.26
Sinotaia quadrata Si_qu 0.14

Ampullariidae Pomacea canaliculata c Po_ca 10.36
Bithyniidae Gabbia misella Ga_mi 5.60

Parafossarulus manchouricus Pa_ma 3.78
Assimineidae Assiminea japonica As_ja 0.84

Assiminea lutea As_lu 0.14
Stenothyridae Stenothyra glabra St_gl 8.12
Netritidae Clithon retropictus a Cl_re 1.54
Pleuroceridae Koreanomelania nodifila a,b Ko_no 4.90

Koreanomelania paucicincta Ko_pa 0.70
Koreoleptoxis globus b Ko_gl 2.38
Koreoleptoxis globus ovalis Ko_gl_o 1.26
Semisulcospira coreana Se_co 19.05
Semisulcospira forticosta Se_fo 26.75
Semisulcospira gottschei Se_go 23.53
Semisulcospira libertine Se_li 49.02
Semisulcospira tegulata Se_te 14.71
Semisulcospira paucicincta Se_pa 0.70

Basommatophora Lymnaeidae Austropeplea ollula Au_ol 4.76
Fossaria truncatula Fo_tr 0.56
Radix auricularia Ra_au 44.40

Physidae Physa acuta c Ph_ac 57.28
Planorbidae Gyraulus convexiusculus Gy_co 25.07

Hippeutis cantori Hi_ca 21.57
Polypylis hemisphaerula Po_he 3.36

Ancylidae Laevapex nipponicus La_ni 1.96
Succineidae Oxyloma hirasei Ox_hi 2.66

a: endangered species, b: endemic species, c: invasive species, and d: percentage of observed sampling sites.
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The abundance of each gastropod species was averaged at each site after pooling yearly data
and transformed with natural logarithm to reduce variation in abundance prior to further analyses.
In environmental factors, the extremes and outliers were removed before analyzing the data and the
values were averaged after pooling yearly data like gastropod abundance.

3. Results

Thirty species, belonging to three orders and 13 families, were recorded in the study area (Table 2).
Physa acuta, an invasive species, was the most commonly observed (57.3% occurrence frequency of all
the sites), followed by Semisulcospira libertina (49.0%), Radix auricularia (44.4%), and S. forticosta (26.8%,
Figure 1 and Table 2). Two species, Clithon retropictus and Koreanomelania nodifila, listed in the Red Book
of Korea (National Institute of Biological Resources, Incheon, South Korea) as endangered had low
occurrence frequencies (1.5% and 4.9%, respectively), and Pomacea canaliculata, an invasive species,
was recorded in 10.4% of the sites.
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Figure 2. Dendrogram of cluster analysis based on gastropod assemblages using Ward’s linkage
method with the Bray–Curtis dissimilarity. Height on the y-axis indicates distances of merging clusters,
reflecting the distance between the samples. Numbers in parenthesis represent the number of sampling
sites in each cluster.

CA classified the sites into four clusters (1–4) based on similarities in gastropod assemblage
composition (Figure 2) and four clusters were significantly different based on MRPP (A = 0.18–0.21, p <

0.05). A total of 21 species were selected as indicator species for four clusters based on their IndVal
(p < 0.05, Table S1). Cluster 4 contained the highest number of indicator species (10), followed by
Cluster 1 (8), Cluster 3 (2), and Cluster 2 (1). In Clusters 2 and 4, the species (i.e., Hippeutis cantori and
Austropeplea ollula) mainly found in organic enriched streams and/or invasive species (i.e., P. canaliculata
and P. acuta) were selected as an indicator species. On the other hand, in Clusters 1 and 3, the species
(i.e., S. gottschei) mostly found in the less disturbed area and endangered and/or endemic species (i.e.,
K. globus and K. nodifila) were mainly selected.

NMDS also showed differences in gastropod assemblage composition (Figure 3), reflecting
the classification of sampling sites in CA. After the NMDS ordination with gastropod assemblage,
environmental variables were visualized with sampling sites and gastropod taxa with biplot. We
selected the first three NMDS axes based on the Kruskal’s stress value (the first three axes stress = 13.8).
Clusters 1 and 3 and Clusters 2 and 4 were differentiated on the NMDS 1, whereas Clusters 2 and 3 and
Clusters 1 and 4 were divided on the NMDS 2 (Figure 3a). However, the differentiation of clusters was
not clear on NMDS 3. NMDS 1 reflected the gradient of water quality, whereas NMDS2 presented the
gradient of temperature. On the ordination with NMDS 1 and NMDS 2, sampling sites with high values
of cobble (%) and altitude were located on the left side of NMDS 1, whereas sites with high values
of TN, conductivity, BOD, and TP were located on the right side of NMDS 1 (Figure 3a). Sampling
sites with high values of average temperature in January were located on the lower part of NMDS 2,
whereas sampling sites with high values of TP and conductivity were located on the lower part of
NMDS 3. Species which prefer riffle areas with a large-sized substrate and good water quality, such as
Koreoleptoxis globus ovalis, K. nodifila, S. coreana, and S. forticosta, were on the left section of NMDS 1
(Figure 3b). Conversely, the high values of TN, conductivity, BOD, and TP strongly influenced the
distributions of R. auricularia, P. acuta, Gyraulus convexiusculus, and H. cantori. The average temperature
in January was influential to the distributions of P. canaliculata and C. retropictus.

Distributions of species were well predicted by the RF models, with a high prediction power
ranging from 0.97 to 0.99 (Figure 4). Overall, meteorological and physiographical variables were
included in the main factors influencing the distribution of gastropod species. However, the contribution
of other environmental factors for predicting species distribution differed depending on species. For
example, conductivity was the most important factor (100) for predicting the occurrence of P. acuta,
followed by cobble (94), and water depth (65). TN (100), silt (89), and riffle (86) were important for
predicting S. libertine abundance. Average temperature in January (100) was the most important factor
for P. canaliculata, an invasive species in South Korea, followed by water velocity (90), annual average
temperature (80), and distance from the source (78). The ratio (%) of cobble (100) and TN (77) were
influential in determining the occurrence of S. coreana.
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Figure 3. Nonmetric multidimensional scaling (NMDS) ordination of sampling sites (a) with gastropod
assemblages (b). The first three axes (Kruskal’s stress = 13.8) were used to visualize the ordination.
Arrows correspond to environmental variables significantly related to assemblage composition (only
environmental variables with R2 > 0.2 are presented). Arrow length is proportional to the correlation
magnitude (r). The abbreviations for the environmental variables and species names are explained in
Tables 1 and 2, respectively.
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Figure 4. Relative importance of environmental variables for predicting the distribution of gastropod
species in the random forest model. Numbers in parentheses indicate the predictability of the model
for each species. black bar: ≥50 of the relative importance value and gray bar: <50 of the relative
importance value.

The partial dependence plot displayed that each gastropod species responded differently to the
environmental factors in the RF models (Figure 5 and Figure S1). We visualized two variables showing
a strong gradient in the NMDS plot: altitude on NMDS 1 and the average temperature in January on
NMDS 2 (Figure 3). Most of genus Semisulcospira, C. chinensis, and P. canaliculata displayed increase of
their abundance as increase of altitude, whereas P. acuta was abundant mostly at low altitude (≤160 m,
Figure 5a). The high abundance of P. acuta was also related to high concentrations of TN (≥1.8 mg/L,
Figure S1). Meanwhile, responding to temperature, the abundance of P. canaliculata increased with an
increasing average temperature in January above −2.0 ◦C, whereas abundances of S. gottschei and S.
libertina were high at a lower temperature in January (−4.2 ◦C and −2.2 ◦C, respectively, Figure 5b).
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Figure 5. Partial dependence plots of 11 abundant species responding to altitude (a) and average 
temperature in January (b) in the random forest model. 

  

Figure 5. Partial dependence plots of 11 abundant species responding to altitude (a) and average
temperature in January (b) in the random forest model.

4. Discussion

4.1. Environmental Factors Influencing Gastropod Assemblages

The structure and distribution of the gastropod assemblage were differentiated by various
environmental factors in our study. Meteorological (e.g., temperature-related factors), physiographical
(e.g., altitude), substrate composition (e.g., the ratio of cobble) and water quality (e.g., conductivity, TN,
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TP, and BOD) gradients were important in structuring gastropod assemblages. Among them, the ratio
of cobble (%) was the most influential factor in gastropod assemblage. Substrate composition is closely
related to habitat complexity and resource availability (e.g., the number of algae, aquatic macrophytes,
and microorganisms), especially for gastropods [43]. For instance, the distribution of Semisulcospira
which mainly feed on periphytic algae attached to large-sized substrate materials, such as boulders
and cobbles, was highly related to the ratio of cobble (%) [44]. In addition to substrate composition,
gastropod assemblages showed differentiation from the least polluted to anthropogenically disturbed
streams (i.e., the gradient of water quality). Species such as R. auricularia, P. acuta, G. convexiusculus,
and H. cantori occurred frequently at sites with high values of conductivity, BOD, TN, and TP. Because
these species can assimilate atmospheric air through their vascularized mantle cavity, they can thrive
under harsh conditions [45], for example, in areas with silt substrates and high conductivity [46].
Physidae, in particular, have a high tolerance to organic pollution [47]; the occurrence of the genus
Physa is associated with relatively higher values of pH, calcium hardness, total hardness, total alkalinity,
conductivity, and total dissolved solids than other species [48,49].

4.2. Conservation of Gastropoda Species

In South Korea, the number of species in Pleuroceridae (10 species) was the highest among
gastropod taxa, especially in the genus Semisulcospira (6 species). The distribution of Semisulcospira
was related to cobble percentage in substrate composition. This might be linked to food resources and
habitat characteristics, as Semisulcospira mainly is a scraper feeding on periphytic algae attached to
large-sized substrates like boulders and cobbles without dense canopy cover in riparian areas (Karube
et al., 2012). Semisulcospira is a key food resource for many freshwater organisms, especially for species
with high conservation priority in South Korea, such as Spotted barbel (Hemibarbus mylodon; fish,
Korean National Monument No. 259 and endemic species) as well as firefly (Luciola lateralis and
Lychnuris rufa, insect). Especially, the main population of the latter two species (i.e., L. lateralis and L.
rufa) inhabit only within a confined area in Muju-gun (Jeollabuk-do, South, Korea) with their food
sources (i.e., Semisulcospira). Therefore, this area is designated as the Korean National Monument
(No 332) to conserve their population as well as Semisulcospira population. However, in spite of
their important roles including the critical food sources in the freshwater ecosystem, Semisulcospira
has been excessively collected by human beings for domestic consumption (i.e., snail soup) because
Semisulcospira is well known to people about its the high-protein food sources. In addition, collecting
Semisulcospira in streams is one of the general and popular family leisure activities in Korea, especially
in the summer season. However, because people cannot distinguish the genus Semisulcospira into
species level and just collect them without considering their ecological importance, resulting in the
dramatic reduction of its abundance and diversity.

Currently, the habitable area for most species, including endangered species, is being consistently
lost [50]. Endangered and/or endemic species distributed in only one basin should, therefore, be
selected as the first priority for management and conservation [51]. Fortunately, in our study, no
endemic and/or endangered species were found to be inhabiting a single watershed, with limited
distribution. However, anthropogenic disturbances could threaten gastropod species, especially those
that are endemic and/or endangered, or which have a limited distribution. For instance, we found
that the occurrence frequency of endemic and/or endangered species was less than 5%. Among three
species recorded as endemic and/or endangered, C. nodifila attracts a particularly high conservation
concern. This is because this species currently has a limited and narrow distribution, being found only
in some of the southern parts of South Korea (1.5% frequency of occurrence), such as the Yeongsan
and Seumjin River basins, which are in the least disturbed area with a shallow water depth and low
current velocity. C. retropictus is distributed mainly within tropical and subtropical and some temperate
regions [52]; the distribution of these taxa is, therefore, also sensitive to low temperature and large
thermal ranges. Moreover, bank and dam construction could destroy the habitable environment of C.
retropictus in various ways. This species is designated within the second grade of endangered wild
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fauna and flora species by the Ministry of Environment in the Republic of Korea, and its populations
require active conservation and management.

K. nodifila is another endangered species that is endemic to South Korea. In our study, it was
found mainly to be restricted (4.9% frequency of occurrence) to the least disturbed upstream areas in
the northern part of South Korea (i.e., in the Imjin, Hantan, and Dong Rivers). The distribution of K.
nodifila is strongly influenced by small variations in stream habitat conditions. For instance, this species
prefers natural habitats that have a high water velocity, riffle (%), and the ratio of cobble (%), as well
as good water quality. However, its original habitat has suffered continuous disruption and habitat
loss, due to the construction and reorganization of flood control dams and weirs. These constructions
alter the flow regime from lotic to lentic, a factor that is influential in the occurrence of this species.
Furthermore, K. nodifila may be gathered with Semisulcospira species when the latter is collected during
the snail hand-picking season for use in cooking snail soup and/or leisure activities in Korea. This is
because it is difficult for the general public to distinguish Semisulcospira species from K. nodifila. In this
sense, ongoing public relations and education need to cover the importance and key characteristics of
K. nodifila to protect the species from excessive collection.

4.3. Management of Invasive Species

In this study, the distribution of P. canaliculata (10.4% frequency of occurrence) was determined by
two critical factors: average temperature in January and percentage of agricultural area (Figure 4). P.
canaliculata is native to tropical areas of South America and is one of the world’s 100 worst invasive
species [53]. In South Korea, this species has been introduced as a food resource, and as a herbicide
substitute to control weeds in environmentally friendly paddy fields. In fact, the increased usage of this
snail is mostly due to its high efficiency in controlling weeds (99%) [54]. P. canaliculata was introduced
to South Korea on the assumption that it would be unable to overwinter there because of the low
winter temperatures [55]. Currently, however, 30 years after its first introduction to South Korea, there
are frequent reports of P. canaliculata overwintering in open freshwater ecosystems, especially in the
southern part of South Korea [56]. In addition, the geographic range over which P. canaliculata can
overwinter is continuously increasing due to global warming and the biological adaptation of this
invasive species, resulting in severe impacts on aquatic ecosystems [57]; based on our database, it is
already found in all the South Korean river basins. The invasion of Thailand’s natural wetlands by P.
canaliculata is causing aquatic plants to disappear from riparian systems, resulting in high nutrient
concentrations and phytoplankton biomass [58]. Therefore, there has been a complete shift in the state
of the ecosystem and functions in areas where P. canaliculata has become established. Ongoing and
systematic management of this species is, therefore, essential if it is to be eradicated and to prevent its
further expansion and establishment in the aquatic ecosystems of South Korea.

In addition, there are many studies reporting that land use disturbance alters landscapes, ecosystem
structure, and functions [40]. The continuous increase in agricultural areas and urbanization is leading
to an increase in the introduction of invasive species and homogenization of gastropod assemblages [59].
In our study, species indicating greater tolerance of organic pollution and urbanization possessed
the highest frequencies of occurrence. In particular, P. acuta had a frequency of occurrence of 57.3%,
the highest of all species in our study; similarly, P. canaliculata, which has a high tolerance to organic
enrichment, had a frequency of occurrence of 10.4%. Therefore, habitat degradation can induce changes
in the structure and distribution of gastropod assemblages and cause the distribution of both tolerant
and invasive species to expand.

5. Conclusions

Our evaluation of the two questions examined in this study revealed the following results. (1) The
ratio of cobble in the substrate composition was the most influential factor in gastropod assemblage
distribution on a national scale. (2) Nonetheless, the major environmental factors influencing the
distribution of each species varied according to habitat preference and environmental tolerance. This
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study is the first to quantify the distribution ranges of all gastropod species on the national scale,
and to evaluate the influential factors determining that distribution based on a modeling approach.
Even though no endemic and/or endangered species were found inhabiting only a single basin, they
nonetheless have a limited distribution (less than 5%). Furthermore, invasive gastropod species have
extended their distribution (P. canaliculata, 10.4%; and P. acuta, 57.3%) and are easily found within all
the river basins. The habitats occupied by gastropods have been continuously disrupted by various
factors, resulting in reductions to available suitable habitat. Local pollution, hydrologic alteration,
agriculture, global warming, and the introduction of invasive species have had severe impacts on
aquatic ecosystems. Detailed information on gastropod assemblages and the factors influencing their
assemblage structure and distribution is, therefore, required for the successful conservation of aquatic
gastropods. In particular, the distribution and abundance of invasive and endangered species should
be evaluated to prevent ecosystem disruption and enhance species conservation strategies. Finally,
the results of the present study would contribute to the development of adequate and systematic
management policies for the conservation and management of freshwater gastropods.
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Abstract: Caves are the best studied aquatic subterranean habitat, but there is a wide variety of these
habitats, ranging in depth below the surface and size of the spaces (pore or habitat size). Both factors
are important in setting limits to species composition and richness. In addition to caves, among the
most important shallow aquatic subterranean habitats are the hyporheal (underflow of rivers and
streams), the hypotelminorheal (very superficial drainages with water exiting in seeps), epikarst, and
calcrete aquifers. Although it is little studied, both body size and species composition in the different
habitats is different. Because of high levels of endemism and difficulty in access, no subterranean
habitats are well sampled, even caves. However, there are enough data for robust generalizations
about some geographic patterns. Individual hotspot caves are concentrated in the Dinaric region of
southern Europe, and overall, tropical regions have fewer obligate aquatic cave dwellers (stygobionts).
In all subterranean aquatic habitats, regional diversity is much higher than local diversity, but local
diversity (especially single cave diversity) may be a useful predictor of regional species richness.
In Europe there is a ridge of high aquatic subterranean species richness basically extending east from
the French–Spanish border. Its cause may be either high productivity or that long-term temperature
oscillations are at a minimum. With increased collecting and analysis, global and continental trends
should become clearer.

Keywords: calcrete aquifer; epikarst; hyporheal; hypotelminorheal; stygobiont

1. Introduction

The existence of eyeless and depigmented animals in the darkness of cave streams has been known
since at least 1537 [1]. Of course, caves themselves have been known since at least the Paleolithic [2].
Groundwater also has a long history of human knowledge and use, and the first known well dates
back to the Neolithic [3]. On the biological side, in 1907 Racovitza [4] mentioned studies from the 1890s
on eyeless, depigmented species from artesian wells in Texas and wells in the Canterbury Plain of
New Zealand.

It is probably Racovitza [4] who first pointed to the potential advantages of considering all
terrestrial and freshwater aphotic habitats and their inhabitants together. Earlier, North American
neo-Lamarckians had a strong interest in the evolution of eyelessness due to its connection to evolution
by disuse (e.g., Packard [5]). While there was a general recognition of the unity of the subterranean
domain, especially by European scientists, e.g., Ginet and Decou [6], it was not until the publication
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of the groundbreaking book “Groundwater Ecology” [7] that at least the aquatic side of subterranean
biology became a distinct discipline with its own tenets.

In this review, we consider three areas. The first is the range of aquatic subterranean habitats
and what unites and divides them. There have been two overarching classifications of freshwater
subterranean habitats. One, due to Botosaneanu [8] who divided aquatic subterranean habitats (he
included the marine interstitial) into two branches—“milieu perméables en grande” and “milieu
perméables en petit”. He included more than 30 habitats, and the two most familiar are caves and the
hyporheic, the underflow of streams and rivers. The other is due to Culver and Pipan [9,10] in which
they attach equal, if not greater, weight to the vertical depth of the habitat compared to habitat size.
We reassess these divisions and revisit the range of aquatic subterranean habitats.

The second area we review is the vexing question: how complete is our knowledge of the
subterranean biota? In addition to the nearly universal shortfall of taxonomists to describe new species
that have already been collected (the Linnean impediment), there are regions of the Earth’s surface
that have been little sampled for aquatic subterranean fauna, especially in the tropics (the Wallacean
impediment), and there are subterranean habitats that are poorly sampled due to sampling difficulties
(the Racovitzan impediment [11]). All of these problems are especially severe in aquatic subterranean
habitats because of the high levels of endemism of the species [12,13]. What can we say about overall
fauna patterns in light of this uncertainty?

The third area we review is: what is the global pattern of richness of aquatic subterranean
invertebrates? After reviewing the pattern of individual hotspot sites globally, we review some of
the potential “fixes” to incomplete data, especially functions such as those of Chao [14] that estimate
missing species, as well as assessing the potential impact of missing data (e.g., Zagmajster et al. [15]).

2. Aquatic Subterranean Habitats

Botosaneanu’s [8] compilation of subterranean habitats, produced as an addendum to his extensive
review of the subterranean fauna is an appropriate place to begin (Table 1). We separated out from
his dichotomy of “perméable en grand” and “perméable en petit” the categories of springs, which he
included in “perméable en petit”. Springs are both habitats themselves (ecotones between surface
and subterranean waters), but also convenient collecting points for subterranean species from more
inaccessible (often unknown) subterranean habitats. These habitats may have fine or coarse sediments
and may be shallow or deep.

Botosaneanu suggested only species limited to subterranean habitats be considered, but in practice
it makes more sense to consider all species in springs (e.g., [16,17]), especially since not only species
limited to subterranean habitats are blind and eyeless [18]. Springs themselves can be classified in a
number of different ways, the oldest being based on discharge rate [19]. Other classifications, which can
be quite elaborate (see Springer and Stevens [20]), are based on characteristics of the hydraulic head,
geomorphologic structure, and water quality and temperature [21]. All of these are more elaborate
than Botosaneanu’s [8] (Table 1). He listed springs as porous habitats [8] but we give them a separate
category. Perhaps the reason that speleobiologists have not taken up more elaborate subdivisions
of springs is that the fauna of springs often has few, if any, species showing the characteristics of
subterranean life such as reduced eyes and pigment (see Botosaneanu [22]). However, this is not
always the case. Dumnicka and Galas [23] show that a significant fraction of the subterranean fauna of
Poland can be found in springs. Certainly, the classification of springs from the point of view of the
groundwater fauna needs more attention. For example, Dumnicka et al. [17] show that substrate in the
spring has a major effect on faunal composition.

156



Water 2020, 12, 2170

Table 1. Aquatic subterranean habitats: after Botosaneanu [8]—simplified and modified. The
shallow/deep dichotomy is based on a diving line at 10 m [10].

Major
Categories Botosaneanu’s [8] Divisions, Supplemented Pore Size

(after [8])
Corrections to

Pore Size Depth Replicate of
Surface Habitat

Large habitats
(caves in karst

or pseudokarst)

cave water in general large variable variable
percolation water (rimstone pools) large small 1 shallow No

epiphreatic (streams) large variable Yes
phreatic lakes large deep Yes

cenotes large deep Yes
anchialine large variable No

lava tubes, mines, etc. large shallow Yes
artesian wells large deep No

calcrete aquifers 2 large variable No

Porous habitats

Alluvial wells small deep No
hyporheal small shallow No

hyporheal in caves small variable No
Water on border of fw stagnant water small shallow No

hypotelminorheal small shallow No
artificial filters of sand or gravel small shallow No

interstitial water of marine beaches small shallow No
interstitial water of marine sublitoral small shallow No

interstitial of brackish or hypersaline water bodies small shallow No

Ecotones
(springs)

general small variable n/a
karst small variable n/a

phreatic small variable n/a
hypotelminorheic small shallow n/a
thermal springs small variable n/a

travertine springs 3 small shallow n/a
1—in epikarst the pores are often small with miniature cavities [24]; 2—this habitat is typical for Australia—see
[25,26]; 3—described by Pentecost [27].

Botosaneanu’s [8] division of cave habitats vertically (percolating (epikarst), vadose, epiphreatic,
phreatic) follows the convention of hydrogeology. A similar classification, based on Leruth [28],
was used by Howarth and Moldovan [29]. They identified five aquatic cave habitats:

1. Highly dynamic flowing waters (sinking streams);
2. Slow-flowing waters and lakes;
3. Gours or pools formed on flowstone;
4. Small pools on clay or mud;
5. Dripping or percolation water.

There can be more elaborate subdivisions. For example, Poulson [30] distinguishes several types
of cave streams, such as shallow streams and moderately deep master shaft drain streams. While no
doubt useful in the context of Mammoth Cave, where he worked, their generality seems very limited.
Each of the cave subdivisions has its own strengths and weaknesses, and it seems counterproductive
to a priori decide how detailed such a subdivision should be.

Small pore habitats, categorized by Botosaneanu [8] (Table 1), were largely divided on the basis
of water flow and salinity. An interesting feature of the classification is the hypotelminorheal—a
persistent wet spot, a kind of perched aquifer, fed by subsurface water in a slight depression in an area
of low to moderate slope, rich in organic matter, underlain by an impermeable clay layer typically
less than 50 cm below the surface—see Culver and Pipan [9] and Meštrov [31]. It appears in the
classification both as a porous habitat and as a spring (called seepage springs by Keany et al. [32]).
If more were known about the drainage area of all springs, this duality of classification should occur
for all spring types. The fauna collected at seepage springs seems to be a mixture of species primarily
found in the hypotelminorheal and species primarily found in the seepage spring itself [33].

Just as caves dominate large pore (diameter) habitats, the hyporheal dominates small pore
(diameter) habitats, at least in terms of the amount of research done. Orghidan [34], (see Käser [35]
for an English translation) coined the term and defined it as the zone of interstitial spaces constituted
by the sediments of the stream bed. To our knowledge there have not been formally proposed
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subdivisions but even at the scale of a few meters there are differences, especially due to upwelling
and downwelling [36]. In different streams, the connections between the hyporheic, the groundwater
zone, and underlying impermeable substratum vary and have a profound effect on the composition
and abundance of the fauna. Malard et al. [36] list five cases but do not formally name them:

1. No hyporheic zone.
2. Hyporheic zone created only by advected channel water (no ground water).
3. Hyporheic zone created by advection by both channel water and ground water.
4. Hyporheic zone created only by infiltration of channel water beneath the stream bed (no

parafluvial flow).
5. A perched hyporheic zone created only by infiltration of channel water beneath the stream bed.

Their fifth category would appear to include seepage springs (outlet of the hypotelminorheic).
As knowledge of subterranean habitats has grown, the dichotomy between large and small

pore habitats has grown increasingly problematic. Habitats such as calcrete aquifers and the
hypotelminorheic are likely intermediate in pore size, at least based on the size of the organisms
found in these habitats. Although epikarst and percolating water are part of karst, they are small pore
habitats, based on the size of the inhabitants [10]. There is accumulating evidence [24] that the size of
the habitat spaces has an impact on body size. Their model of how this works is shown in Figure 1 and
the overall pattern in relationship to habitat categories is shown in Figure 2.

Given these size differences in both habitat and organism, one would expect the community
composition in different habitats to be quite different. Dumnicka et al. [37], basing on 280 records
for interstitial habitat, 150 for cave waters and 50 for wells, looked at this question for the Polish
groundwater annelids fauna. Somewhat surprisingly, relatively little separation of habitats was found,
although there was a tendency for the interstitial fauna to differ from the cave fauna along the first axis
of their correspondence analysis (Figure 3) (Supplementary Materials). The well fauna, collected in
various kinds of wells, overlapped broadly with both. Hahn and Fuchs [38] found a similar pattern
for the German fauna. It is curious that there have not been more analyses of this question, and it is
worth pursuing.Water 2020, 12, x FOR PEER REVIEW 5 of 17 
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permission of the National Speleological Society (www.caves.org). 

 

 

Figure 2. Histograms of body lengths of inhabitants (bottom) and log of pore size (top) for different 
subterranean habitats. From Pipan and Culver [24], modified. Log pore (habitat) size was used 
because the range of habitat sizes ranged over several magnitudes. The MSS (milieu souterrain 
superficiel) is the habitat of interconnected cracks and crevices of scree slopes, especially covered 
ones. Used with permission of the National Speleological Society (www.caves.org). 

Figure 1. Hypothetical relationship between pore size (habitat diameter) in subterranean habitats and
body size, with selective forces indicated by arrows. Below a minimum (mi), there is not sufficient
space for animals to occur without burrowing. Above a maximum (mj), body size is likely constrained
by other factors, such as phylogenetic and structural constraints. The relationship need not be linear
but is presented as such for simplicity. From Pipan and Culver [24]. Used with permission of the
National Speleological Society (www.caves.org).
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Figure 2. Histograms of body lengths of inhabitants (bottom) and log of pore size (top) for different
subterranean habitats. From Pipan and Culver [24], modified. Log pore (habitat) size was used because
the range of habitat sizes ranged over several magnitudes. The MSS (milieu souterrain superficiel) is
the habitat of interconnected cracks and crevices of scree slopes, especially covered ones. Used with
permission of the National Speleological Society (www.caves.org).

An interesting question is how many species are found in the different subterranean habitats in a
region. In Poland, which was largely glaciated, Dumnicka and Galas [23] demonstrate that there are
more records per sample in interstitial waters and wells than in caves. In fact, there are more records
per sample in springs than in caves (Figure 4). As far as we can determine, these are the only data of
this type available. It would be interesting to compare the Polish data with data from an unglaciated
area, areas which generally have a much richer cave fauna.

Culver and Pipan [10,39], Pipan and Culver [18] and Blatnik et al. [40] suggested that there was a
third major category of subterranean habitats, close to the surface and with intermediate-sized habitat
spaces—shallow subterranean habitats (see Table 1). In their book-length treatment of the topic, Culver
and Pipan [10] emphasized the vertical division—the distance from the surface and defined shallow
subterranean habitats as occurring less than 10 m from the surface. They suggested several unifying
features:

• Absence of light;
• Close surface-subsurface connections (except for calcrete aquifers);
• Availability of organic carbon and nutrients;
• Generally small habitat (pore) size.

Habitats include the hypotelminorheal, epikarst, hyporheal, and calcrete aquifers. Halse [25]
calls calcrete aquifers deep subterranean habitats but gives no criteria for this choice. Calcretes in
the Pilbara region are deeper than 10 m [13] while those in the Yilgarn are often less than 10 m [41].
Of course, all caves with natural entrances occur in part at depths of less than 10 m. Culver and
Pipan [10] included only habitats that were typically less than 10 m in depth. Whether calcretes are
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included or not, the grouping of habitats into shallow versus deep has proven to be frequently used,
although it remains to be seen how useful the distinction is.
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3. The Struggle to Measure Aquatic Subterranean Biodiversity

Aquatic subterranean biodiversity surveys share with most other invertebrate surveys both a
Linnean shortfall (not enough taxonomists) and a Wallacean shortfall (not all areas sampled). However,
there are a number of taxonomists, especially in Europe, actively working on major subterranean
groups, including amphipods, copepods, isopods, and oligochaetes. With respect to the Wallacean
shortfall, tropical caves, if not other subterranean habitats, are being increasingly well sampled
(e.g., [42–44]).

However, there are a number of aspects of the subterranean fauna that make unbiased sampling
very difficult. Nearly all the analyses and datasets are based on those species limited to subterranean
habitats—stygobionts for aquatic habitats. However, in most subterranean habitats there are species
that show little morphological modification for subterranean life and/or are also found in surface
habitats [18]. Such stygophiles are part of the subterranean community and reproduce in subterranean
habitats. Analysis of stygobionts is an analysis of the highly evolved component of subterranean
communities specialized and limited to subterranean habitats, not the entire subterranean community.

A second issue is the omnipresence of undescribed species. Some of these species that have been
collected are awaiting taxonomic analysis, some have been observed but not collected, and some have
not even been observed but are considered likely to be present in a region by expert taxonomists.
Obviously the last two are fraught with the likelihood of overestimation or exaggeration of numbers [45].
Bolded letters spell out PASCALIS and it is usually written this way. Collected, undescribed species
present a special problem. If they are ignored, then some regions, like Brazil—see Trajano and
Bichuette [46]—will appear to be species-poor when in fact they are species rich. One possible solution
to the problem is to apply a “discount rate”. For example, Culver et al. [45] report that of 19 species listed
as undescribed by Holsinger et al. [47] in their enumeration of the West Virginia cave fauna, six turned
out to be previously described species. This results in a discount rate of 0.68. The omnipresence of
undescribed species can also lead to inappropriate comparisons between regions based on data taken
from different time frames—what Culver et al. [45] term the fallacy of provincialism.

A third and related issue is the high frequency of local endemism, often single site endemism.
An example of this is from the large-scale European study of subterranean biodiversity, PASCALIS
(Protocols for the Assessment and Conservation of Aquatic Life in the Subsurface) [48]. In this study of
all known stygobionts from six European countries, there was a strong negative relationship between
number of species and number of 0.2◦ × 0.2◦ grid cells occupied by a species (Figure 5). Of the 930
described stygobionts, 396 were known from a single grid cell.
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for the PASCALIS project. The relationship between the two is Y (number of quadrats) = 677 × X
(Number of Species)−1.76. Data from Deharveng et al. [49].

This means that unless all cells are sampled, many single cell endemics will be missed. In practice
it appears that the pattern of species richness is unaffected if single cell and other narrow endemics
are not included [50]. More generally, missing species do not seem to affect geographic pattern.
Deharveng et al. [49] measured these missing species using a jackknife procedure that resamples and
takes into account the number of narrow endemics. Their results, by country, are shown in Table 2.

Table 2. Groundwater biodiversity in six European countries—from Deharveng et al. [49], modified.

Country No. Sampled
Cells

No. Sampled
Sites

No. Observed
Species

No. Predicted ssp.
(Jackknife)

Belgium 17 155 33 43
France 566 1712 320 434
Italy 337 1580 288 394

Portugal 24 34 48 88
Slovenia 54 491 183 246

Spain 241 737 216 308
ALL 1228 4709 930 1291

The final impediment is the Racovitzan impediment, the incompleteness of sampling of
subterranean habitats [11]. Caves are incompletely sampled because new caves are constantly
being discovered and the number of known caves is very large (e.g., more than 10,000 in Slovenia).
While sampling all caves is neither possible nor necessary, the high levels of endemism makes thorough
sampling important. Nevertheless, there are some very large datasets for subterranean animals.

Figure 5. Relationship between the log of the numbers of quadrats and log of the numbers of species
for the PASCALIS project. The relationship between the two is Y (number of quadrats) = 677 × X
(Number of Species)−1.76. Data from Deharveng et al. [49].

This means that unless all cells are sampled, many single cell endemics will be missed. In practice
it appears that the pattern of species richness is unaffected if single cell and other narrow endemics
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are not included [50]. More generally, missing species do not seem to affect geographic pattern.
Deharveng et al. [49] measured these missing species using a jackknife procedure that resamples and
takes into account the number of narrow endemics. Their results, by country, are shown in Table 2.

Table 2. Groundwater biodiversity in six European countries—from Deharveng et al. [49], modified.

Country No. Sampled
Cells

No. Sampled
Sites

No. Observed
Species

No. Predicted ssp.
(Jackknife)

Belgium 17 155 33 43
France 566 1712 320 434
Italy 337 1580 288 394

Portugal 24 34 48 88
Slovenia 54 491 183 246

Spain 241 737 216 308
ALL 1228 4709 930 1291

The final impediment is the Racovitzan impediment, the incompleteness of sampling of
subterranean habitats [11]. Caves are incompletely sampled because new caves are constantly
being discovered and the number of known caves is very large (e.g., more than 10,000 in Slovenia).
While sampling all caves is neither possible nor necessary, the high levels of endemism makes thorough
sampling important. Nevertheless, there are some very large datasets for subterranean animals.
Probably the largest is that of Zagmajster et al. [51], who assembled data for 21,000 occurrences of 1570
European aquatic subterranean species. The situation for non-cave aquatic subterranean species is
particularly difficult because neither epikarst, the hyporheal, or the hypotelminorheal can be sampled
easily. For the hyporheal, most samples are taken by pumping water out of the habitat through a
fine mesh filter, and then sorting the samples. The Bou–Rouch pump [52,53] in many ways made the
sampling of hyporheal possible. Prior to the development of a continuous filtering device [54], epikarst
could only be sampled very indirectly by sampling drip pools, themselves biased samples of the
organisms in dripping water [55]. The situation is even more dire for the hypotelminorheal. No good
sampling device exists, and the habitat must be destructively sampled. However, Niemiller et al. [56]
were able to show that eDNA of seep amphipods (genus Stygobromus) could be detected, allowing for
the possibility of non-destructive sampling.

There is one way that at least the extent of undersampling can be better understood and that is
to report on sites where no specimens were found. There has been a reluctance to do this, perhaps
based on the sense that empty samples are failed samples. However, such reporting can be extremely
informative. Dumnicka et al. [57] report those quadrats in Poland where they failed to find any water
mites specialized for subterranean life, and almost all of these sites were in the glaciated areas of
Poland, where the specialized subterranean fauna should be rare (Figure 6).
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Figure 6. The number of stygobiotic water mites recorded in various squares in Poland. Ellipses (or
circles) represent areas in which water mite fauna was studied in various types of surface/subterranean
waters but stygobionts were not found. From Dumnicka et al. [57], modified.

4. Geographic Patterns of Species Richness in Aquatic Subterranean Invertebrates

The easiest, but certainly not the best, measure of species richness is the species richness at a single
subterranean site, α-diversity. It is an inadequate measure because α- diversity is a small fraction of
the species richness of a region, γ-diversity [58]. However, the data are much easier to accumulate
since the regional analysis requires data on many sites [59]. Culver and Sket [60] published the first
list, which included 20 caves and wells with 20 or more obligate subterranean species, including both
aquatic and terrestrial species. Since then, the number of such sites has at least doubled, and most
recently Culver and Pipan [61] published a list of sites with 25 or more stygobiotic species (Table 3).

Table 3. Caves and other karst sites with 25 or more obligate aquatic subterranean species (stygobionts).
From Culver and Pipan [61], modified.

Site Name Country No. of Species

Postojna–Planina Cave System Slovenia 48
Vjetrenica Bosnia and Hercegovina 40

Walsingham Cave Bermuda 37
Triadou wells France 34

Robe River Australia 32
Jameos del Aqua Lanzarote, Canary Islands, Spain 32

Križna Jama Slovenia 29
Logarček Slovenia 28

Edwards Aquifer Texas, USA 27
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Several points emerge. First, with the exception of the Robe River in western Australia, none of
the sites are in the tropics or sub-tropics. Second, there is a concentration of hotspots in the Dinaric
karst, with four of ten sites in this region.

Counts of numbers of species by country (corrected for size) give a similar picture to Table 3.
There is a broad band of high species richness in the north temperate zone (China is relatively unknown)
as well as in Australia (Figure 7), where aquatic subterranean diversity is largely found in calcrete
aquifers, accessible only by wells [25,26].
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Calcrete aquifers are carbonate deposits that form in the vicinity of the water table as a result
of evaporation of groundwater—see Culver and Pipan [10]. Aquatic subterranean species richness
is very high in both the Yilgarn and Pilbara aquifers of western Australia, but it remains difficult to
compare with other areas because of the distinctive and different way researchers have measured
species richness in Australia [45,63].

More detailed analyses at the global scale are not available, but there is more detailed information
available for Europe [48]. Zagmajster et al. [51] showed that there is a ridge of high species richness in
southern Europe (Figure 8), one that corresponds to a similar ridge in terrestrial species richness [59].
The explanation for this ridge may be that it corresponds to a ridge of primary productivity or that
long term temperature oscillations are at a minimum.

The above analyses of the patterns of aquatic subterranean species richness is an analysis of only
the specialists for cave life. e.g., stygobionts. Many cave streams, especially in glaciated areas, have
functioning, reproducing communities but without any specialized species. A good example of this
is the aquatic fauna in Swildon’s Hole, a nearly 10 km long cave in the Mendip Hills of the United
Kingdom. Knight [64] found 38 taxa in the main stream, mainly Trichoptera and Diptera. There were
no stygobionts, yet a functioning community. The situation in the tributaries was different where three
of ten species were specialized for subterranean life.

Very little is known about the geographic pattern of species richness in non-cave aquatic
subterranean habitats. The PASCALIS project [48] included extensive sampling of the hyporheal,
but only eight relatively small regions were included in the study (Figure 8): Wallonia (Belgium),
Jura (France), Rousillon (France), Cantabria (Spain), Padano–Alpine region (Italy), Slovenia,
Rhône valley (France), and Garonne (France). Malard et al. [58] showed that species richness
was highest in Slovenia, followed by the Rhone and the Garonne (Figure 9). Slovenia and the Garonne
are on the ridge of aquatic species richness (Figure 8). One of the features of porous aquifers in general
and hyporheal in particular is its fine scale heterogeneity, which is evident in Figure 9.
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Pipan et al. [65] did a small regional study of epikarst copepods in Slovenia. They analyzed 81
drips from13 caves in three karst areas of Slovenia. As with Malard et al.’s analysis, they found small
scale differences and that α diversity (within drip species richness) was small compared to β diversity.
Of the 18 species, only three were accounted for by α diversity, three by differences within a cave,
six by differences between caves in a region, and 18 by differences among regions (Figure 10). When
the data are viewed in another way, one that emphasizes the occurrence of “hotspot” drips, a different
pattern emerges.
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A few drips contribute a disproportionate share of species diversity. The most species-rich drip in
the Dinaric karst has 10 species and the entire Županova jama has 13 species, so this drip contributes
40 percent of the species diversity known from the entire Dinaric karst! The task of assessing epikarst
species diversity would be considerably simplified if we had a method of determining which drips
were hotspots prior to sampling, but we do not.
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North America, and poorly known elsewhere. Sampling this fauna, particularly the non-cave fauna
remains difficult, resulting in a Racovitzan shortfall for these habitats. Species richness is highest in
mid-temperate latitudes and the Dinaric karst in southern Europe is a hotspot of stygobiotic species
richness. Endemism is high and consequently β diversity is much higher than α diversity.

With increased amounts of data and new analytical tools, both continental and global patterns of
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