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Climate change is one of the most pressing problems facing humanity this century. In
a recent report by the Intergovernmental Panel on Climate Change (IPCC), carbon dioxide
(CO2), nitrous oxide (N2O) and methane (CH4) were found to have reached annual averages
of 410, 332 and 1866 ppm in 2019, respectively, leading to the global surface temperature
increasing by 0.84–1.10 ◦C compared to measured values about a century ago [1]. Notably,
the IPCC report showed significantly higher atmospheric CO2 concentration in 2019 than
historical values in the last two million years [1].

Spearheaded by the United Nations (UN) as enshrined in its sustainable develop-
ment goals (UN-SDG 13 “Climate Action”), governments, companies and the research
community have banded together to develop low-carbon alternatives to fossil-fuel-based
technologies that dominate the transportation and heat/electricity generation sectors [2].
These alternatives include electric-based vehicles (EVs), clean storage and renewable en-
ergy technologies such solar, wind, geothermal and hydroelectric, along with secondary
electricity storage media, such as lithium-ion batteries and flow-battery cells. There is,
however, a big catch to all this. Low-carbon technologies are more metal, mineral and ma-
terial intensive than conventional fossil-fuel-based technologies. Electric cars, for example,
require up to 11 times more copper than conventional cars [3]. In addition to copper, the
World Bank Group has identified aluminum, chromium, cobalt, graphite, indium, iron,
lead, lithium, manganese, molybdenum, neodymium, nickel, silver, titanium, vanadium
and zinc as critical elements/materials for the clean energy transition to succeed [4]. Thus,
the successful transition from fossil-fuel-based to low-carbon technologies would require
more extensive mining to maintain the stable supply of raw materials, such as metals and
minerals, in the next 30–50 years.

The expansion of mining and mineral processing operations would mean more mining-
related wastes, such as tailings, waste rocks and acid mine drainage (AMD), which are
notorious for their devastating and long-term destructive impacts on the environment.
Tailings are waste materials generated during the processing of ores, which are typically
disposed of in tailings storage facilities (TSFs). The tonnage of tailings generated by a mine
depends on the deposit. For example, large porphyry copper mining operations, such
as those of Escondida and Antamina, could generate 50–150 million tons of tailings per
year [3]. Waste rocks or overburden are the rocks, soils and sediments removed for access
and exploitation of a deposit and could amount to about three times the tonnage of ore
extracted in open-pit mining operations. Finally, AMD, the effluent generated in mine
sites due to the oxidation of sulfide minerals like pyrite (FeS2), is acidic and contains
strictly regulated contaminants not only destructive to the surrounding ecosystem but also
hazardous to human health. Moreover, sustainable AMD treatment is difficult because of
the complex and site-specific nature of AMD and its long-term generation, which could
persist for several centuries or even a few millennia [5]. Sustainable management of
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these three types of mine wastes remains a huge challenge for the resource sector. Most
techniques and strategies employed by the sector are outdated and/or ineffective, so
alternative novel ways to manage these wastes are needed, including improvements to
existing waste management strategies employed in mine sites around the world [6,7].

In this Special Issue, two promising sustainable strategies for mine waste management,
namely repurposing/reprocessing (i.e., valorization) and cost reduction, were explored.
Longos et al. [8] repurposed nickel laterite mine waste and industrial wastes, such as
coal fly ash, into geopolymers with unconfined compressive strengths around 20 MPa.
Meanwhile, Wu et al. [9] demonstrated the potential use of tailings as specialty building
materials resistant to corrosion when exposed to saline environments. Waste minimization
via repurposing of tailings for construction and/or backfill materials is also gaining traction
in the resource industry [10–12]. As high-grade ores are depleted, tailings from historic
mine sites could be reprocessed to recover residual valuable metals and minerals [13].
Jung et al. [14], for example, recovered residual scheelite (CaWO4) from tungsten mine
tailings by flotation through reagent regime optimization. Meanwhile, Lazo and Lazo [15]
utilized native plant species in Chile, such as Oxalis gigantea, Cistanthe grandiflora, Puya
berteroniana and Solidago chilensis, to rehabilitate mine tailings and found that these plants
could sequester molybdenum, copper and lead from the wastes and concentrate them
in plant tissues. These native plants show promise for phytomining of mine wastes
in the future.

For cost reduction and improved sustainability of AMD treatment, articles in this Special
Issue investigated AMD volume reduction, utilization of cheaper alternative neutralizing
materials and sequestration of valuable materials during treatment. Yamaguchi et al. [16]
modeled up to 30% reduction of AMD generation from underground mine workings of
a closed mine in Japan when mine waste was implemented for backfilling. Meanwhile,
the use of cheaper, locally available materials like dolomite [17], and alkaline wastes, such
as red mud [18,19], calcareous mine waste rocks [20] and demolition wastes [21], were
effective alternatives to commercially available neutralizers [22].

From the perspectives of a circular economy and resource conservation, AMDs can be
considered as future resources because they contain considerable amounts of valuable and
critical metals. Aghaei et al. [23] demonstrated >95% copper and lead recovery from simu-
lated mine/processing wastewater using aluminum-based bimetallic materials. Bimetallic
materials, also known as bimetals, bimetallic particles and bimetallic catalysts, are promis-
ing because their action relies on reduction and galvanic interactions that specifically target
redox-active elements, such as copper, nickel, gold, silver and most heavy metals [24].
The only drawback of this approach is the expensive reagent-grade aluminum powder
needed for synthesis, but the idea of using aluminum wastes or scraps as raw material
is recently gaining traction [24]. Another promising sustainable approach for AMD man-
agement based on circular economy concepts is the use of microbial fuel cells (MFCs) to
simultaneously recover target metals and generate electricity. Ai et al. [25] demonstrated
the treatment of AMD using MFCs and the recovery of copper in the cathode as elemental
copper. MFCs could be a promising approach, especially in regions where the mine site is
located close to cities with an abundant supply of organic-rich wastewaters.

Mine wastes exposed to the environment for a long time can also act as a natural
laboratory where microorganisms evolve and develop resistance to high acidity and heavy
metal concentrations, which can be isolated, cultured, grown and applied to improve
existing bioleaching technologies. Chen et al. [26] studied AMD from Clarabelle Mill,
Canada, and successfully isolated and identified new species of Acidithiobacillus ferridurans
that can be used for the bioleaching of low-grade porphyry copper ores.

The Special Issue is completed with articles on the critical roles of redox conditions
and galvanic interactions in the weathering of sulfide-bearing mine wastes when disposed
of on land and under the sea [27], the importance of hydrogeochemical conditions on waste
rock weathering [28] and the potential impacts of climate change on AMD formation in
abandoned and closed mines [29].
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The adoption of clean storage and renewable energy technologies is a classic example
of the proverbial “double-edged sword”. The benefits of transitioning to low-carbon
technologies to mitigate climate change should be balanced with the socio-environmental
impacts of extensive mining required to supply critical metals and materials. The collection
of research and review articles in this Special Issue shows that the impacts of mining can
be mitigated and managed more sustainably using circular economy concepts and the
development of novel techniques to reprocess, repurpose and decontaminate mine waste
streams, such as tailings, waste rocks and AMD.

Author Contributions: Writing—original draft preparation, C.B.T.; writing—review and editing, K.Y.
and J.L. All authors have read and agreed to the published version of the manuscript.
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Abstract: Mismanagement of mine waste rock can mobilize acidity, metal (loid)s, and other
contaminants, and thereby negatively affect downstream environments. Hence, strategic long-term
planning is required to prevent and mitigate deleterious environmental impacts. Technical frameworks
to support waste-rock management have existed for decades and typically combine static and kinetic
testing, field-scale experiments, and sometimes reactive-transport models. Yet, the design and
implementation of robust long-term solutions remains challenging to date, due to site-specificity in
the generated waste rock and local weathering conditions, physicochemical heterogeneity in large-scale
systems, and the intricate coupling between chemical kinetics and mass- and heat-transfer processes.
This work reviews recent advances in our understanding of the hydrogeochemical behavior of mine
waste rock, including improved laboratory testing procedures, innovative analytical techniques,
multi-scale field investigations, and reactive-transport modeling. Remaining knowledge-gaps
pertaining to the processes involved in mine waste weathering and their parameterization are
identified. Practical and sustainable waste-rock management decisions can to a large extent be
informed by evidence-based simplification of complex waste-rock systems and through targeted
quantification of a limited number of physicochemical parameters. Future research on the key
(bio)geochemical processes and transport dynamics in waste-rock piles is essential to further optimize
management and minimize potential negative environmental impacts.

Keywords: mine waste; drainage; water quality; geochemistry; hydrogeology; modelling

1. Introduction

1.1. A global Environmental Perspective on Mine Wastes

Mineral resource extraction and ore processing operations around the world produce significant
amounts of waste, predominantly wastewater and non-profitable solid residues, i.e., waste rock and
tailings. While technical innovations in mining and processing techniques have increased the overall
efficiency of extraction, the great majority of raw material moved to access mineral ores is still discarded
as waste (e.g., up to 99% for precious metals). As a result, several gigatons of mine waste are produced
around the world each year [1,2], and this number is expected to grow as increasingly lower-grade
and larger-scale deposits are being mined to keep up with exponentially growing global demand for
mineral resources.

In the absence of economic incentive or technical ability to re-utilize and re-valorize mine
wastes [3–6], they are often stored on-site indefinitely. The impacts of these mine wastes, even when
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properly managed in engineered storage facilities, can be wide-ranging and include ecological,
hydrological, geotechnical, climatic, and environmental aspects pertaining to the quality of natural
habitat, i.e., the atmosphere, ground- and surface-water, and soils. High-profile mine waste catastrophes
are well-known by the public (e.g., tailings dam failures in Canada [7], Hungary or Brazil [8]),
but deterioration of environmental quality from mining waste more often occurs gradually [9,10] and
can even linger unnoticed for years or become apparent until decades after mine closure. An example
thereof is acid rock drainage (ARD); the weathering of sulfidic mine waste that leads to acidic drainage
with high metal concentrations [1,11] (the term acid mine drainage is increasingly substituted by acid
rock drainage to indicate that acidic drainage can originate from sources other than mines). Acid rock
drainage is an environmental problem of global scale and deterioration of water quality from acid rock
drainage which may persist for decades to millennia.

To minimize detrimental environmental impacts from mine wastes, mine sites are required to abide
by legislative environmental quality standards during the entire mining cycle, i.e., from exploration
and development to decades past closure [12,13]. To this end, effective long-term waste management
strategies need to be developed [14,15]. Wastewater quantity and quality predictions are a critical
component of these strategies, as some form of treatment is usually required before wastewater can be
released to receiving downstream environments, and most wastewater treatment requirements are
long-term. Drainage from on-site mine waste critically contributes to wastewater quantity and quality,
and the processes underlying mine waste weathering and drainage in practical, industry-relevant
settings thus need to be quantitatively understood.

Prediction of drainage quantity and quality from mine wastes requires knowledge on the local
geology and weathering climate, as well as the mine waste’s mineralogy, geochemistry, hydrogeology,
et cetera. While local weathering conditions and the geology at a mining site are typically well-known,
the properties of waste materials relevant to environmental management are usually unknown at early
mine development stages and can hardly be determined a priori from theoretical calculations or by
extrapolation of laboratory test results [13]. There can be a significant lag time between waste placement
and onset of ARD, the composition of waste varies from mine site to mine site and can be highly
heterogeneous even within sites, especially in complex geological settings. Therefore, the prediction of
mine wastewater quality and quantity poses a major challenge for scientists and practitioners at sites
around the world.

1.2. Waste Rock as Unique Class of Mine Waste

Mine waste rock and tailings are typically the two major waste types at mine sites, regardless
of the mineral commodity (e.g., coal or base/precious metals), deposit type or extraction method
(surface or open-pit mining versus in-situ or underground mining) [14]. Waste rock—distinct from
other overburden spoil—consists of excavated low-grade bedrock that has been transported away
to access profitable ore and is typically composed of relatively coarse, granular broken rock in the
size range of sands to boulders. In turn, tailings are a composite slurry of (process) water and finely
ground residuals that remain after ore comminution and beneficiation, which can contain secondary
precipitates and processing reagents such as blasting agents or extraction chemicals [16]. For many
types of ores, waste rock can behave in a geochemically contrasting way when compared to tailings,
due to the following critical differences between tailings and waste rock:

1. The finer-grained nature of tailings materials compared to coarser-grained waste rock may
yield elevated exposed mineral surface area (which can, depending on the mineralogy, increase
geochemical reaction rates), whereas the wider particle size range and textural properties of waste
rock give rise to quite unique (non-uniform) hydrodynamic behavior, and,

2. Storage practices for waste rock and tailings materials create distinct conditions that alter the
controls of certain geochemical processes and physical transport mechanisms. Namely, waste
rock is mostly placed in tall stockpiles that are porous, hydraulically unsaturated, and therefore
relatively exposed to atmospheric conditions (i.e., mostly oxic environments) [16]. In contrast,
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tailings slurries are often pumped into tailings ponds, where particulates settle under limited
ambient exposure (i.e., fully saturated, inundated tailings that can exhibit sub-oxic, reducing
conditions [17], although tailings may also be stored as backfills or dry stacks).

At the same time, similar minerals, geochemical reactions, and physical transport processes can
occur in waste rock and tailings: the conceptual hydrogeochemical model is often comparable for
waste rock and tailings [2]. The dimensions of industrial-scale waste-rock piles and tailings facilities
are also comparable (i.e., hundreds of tons of material): once in place, both materials are prohibitively
expensive to move and therefore are practically stored indefinitely. In this review, we will discuss a
conceptual hydrogeochemical framework that largely applies to both types of mine waste, but, in our
discussion, place emphasis on waste rock.

1.3. Scope of This Review

In recent years, the understanding of processes controlling mine waste dynamics has critically
increased due to, e.g., breakthroughs in mineral characterization at nanoscales and in-situ geophysical
characterization to long-term field studies and applications of big data and mechanistic numerical
models. This work presents an overview of the key hydrogeochemical and physical processes
relevant to water quantity and quality from mine waste rock and ultimately sustainable wastewater
management. Novel insights into the geochemical and mineralogical characteristics of waste rock,
the in-situ assessment of mass- and heat transfer processes in large waste-rock piles and emerging
applications of advanced reactive-transport modeling are presented. Previous reviews on select aspects
of mine wastes are listed in Table 1. Certain processes discussed in this work also receive attention
in the context of hydrometallurgy and bioleaching/biomining, where often the opposite objective is
targeted, i.e., acceleration of mineral dissolution to mobilize and recover valuable metals (e.g., in heap
leaching [4,18–20]) rather than stabilizing wastes to prevent mobilization (e.g., through covers and
barriers [4,21–23]). This review is structured as follows: major geochemical mobilization reactions
(i.e., oxidation and dissolution) and relevant attenuation processes (i.e., sorption and secondary mineral
formation) are introduced in Section 2. Section 3 outlines relevant physical transport processes in
waste-rock piles and their parameterization in heterogeneous systems. In Section 4, we discuss the
couplings between physical and chemical processes and upscaling phenomena, as well as the role of
numerical modelling in resolving such couplings for practical long-term predictions.

Table 1. Reviews on various aspects of mine waste rock: weathering mechanisms, microbial interactions,
characterization of physicochemical (bulk) properties, management, and reclamation.

Title: Year Reference

Molecular (bio-)oxidation mechanisms

A review: Pyrite oxidation mechanisms and acid mine drainage prevention 1995 [24]
Leaching mechanisms of oxyanionic metalloid and metal species in alkaline solid

wastes: a review 2008 [25]

The mechanisms of pyrite oxidation and leaching: A fundamental perspective 2010 [26]
A review of the structure, and fundamental mechanisms and kinetics of the leaching

of chalcopyrite 2013 [27]

Principles of sulfide oxidation and acid rock drainage 2016 [28]
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Table 1. Cont.

Title: Year Reference

Bioleaching: metal solubilization by microorganisms 1997 [29]
Geomicrobiology of sulfide mineral oxidation 1997 [30]

Heavy metal mining using microbes 2002 [31]
Microbial communities in acid mine drainage 2003 [32]

The microbiology of acidic mine waters 2003 [33]
The bioleaching of sulphide minerals with emphasis on copper sulphides—A review 2006 [34]
The microbiology of biomining: development and optimization of mineral-oxidizing

microbial consortia 2007 [35]

Heap bioleaching of chalcopyrite: a review 2008 [20]
Biomining-biotechnologies for extracting and recovering metals from ores and

waste materials 2014 [36]

Microbial ecology and evolution in the acid mine drainage model system 2016 [37]
Recent progress in biohydrometallurgy and microbial characterization 2018 [38]

Mine waste characterization and treatment techniques

The environmental impact of mine wastes—roles of microorganisms and their
significance in treatment of mine wastes 1996 [39]

Acid mine drainage remediation options: a review 2005 [22]
Acid mine drainage (AMD): causes, treatment, and case studies 2006 [40]

Passive treatment of acid mine drainage in bioreactors using sulfate-reducing bacteria:
critical review and research needs 2007 [41]

Geochemistry and mineralogy of solid mine waste: essential knowledge for predicting
environmental impact 2011 [15]

Remediation of acid mine drainage-impacted water 2015 [42]
Mineralogical characterization of mine wastes 2015 [43]

Characteristics and environmental aspects of slag: a review 2015 [44]
A critical review of acid rock drainage prediction methods and practices 2015 [45]

Acid rock drainage prediction: a critical review 2017 [46]
Acid mine drainage: prevention, treatment options, and resource recovery: A review 2017 [47]

Environmental indicators in metal mining 2017 [48]
Environmentally sustainable acid mine drainage remediation: research developments

with a focus on waste/by-products 2018 [49]

A review of recent strategies for acid mine drainage prevention and mine tailings
recycling 2019 [23]

Waste rock management

The geochemistry of acid mine drainage 2003 [2]
Sustainable mining practices 2005 [50]

Mine wastes: past, present, future 2011 [1]
Hydrogeochemical processes governing the origin, transport, and fate of major and

trace elements from mine wastes and mineralized rock to surface waters 2011 [51]

Management of sulfide-bearing waste, a challenge for the mining industry 2012 [52]
Acid mine drainage: challenges and opportunities 2014 [53]

Waste-rock hydrogeology and geochemistry 2015 [16]
Hydrogeochemistry and microbiology of mine drainage: an update 2015 [54]

Geochemical and mineralogical aspects of sulfide mine tailings 2015 [17]
Mine waste characterization, management, and remediation 2015 [14]

The mine of the future—even more sustainable 2017 [55]
Mining waste and its sustainable management: advances in worldwide research 2018 [56]

Guidance for the integrated use of hydrological, geochemical, and isotopic tools in
mining operations 2020 [13]

2. Geochemical Processes in Mine Waste Rock

The exposure of previously buried geological material to atmospheric conditions triggers oxidation
reactions and allows for water to infiltrate and percolate the waste rock (i.e., drainage) which can
transfer dissolved solutes into the environment. In this section, major geochemical processes that
affect drainage chemistry are discussed. On the broadest level, mine waste drainage pH is determined
by the balance between acid-producing and acid-neutralizing (buffering) reactions, whereas solute
concentrations are controlled by their waste-rock grade and solubility [16,51,54,57]. In addition,
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attenuation processes such as adsorption and secondary mineral formation [2] may reduce the mobility
of solutes through (temporary) internal retention in the waste rock, as discussed below.

2.1. Acid-Producing Reactions

2.1.1. Metal-Sulfide Mine Waste

The majority of exploited chalcophile-metal ore deposits (e.g., Cu-, Zn-, Pb-bearing ores) are
sulfide-type. While many mined chalcophile-metal deposits have undergone significant oxidative
alteration of the ore zones prior to mining, sulfide minerals can remain abundant in the generated
waste. Of the sulfide minerals in waste rock, pyrite (FeS2) is typically the most abundant. Other major
phases include chalcopyrite (FeCuS2), covellite (CuS), sphalerite (ZnS), pyrrhotite (FeS), arsenopyrite
(FeAsS), and galena (PbS). Because of their economic and environmental importance, the crystal
structures, chemical compositions, physical properties, and phase relations of major sulfides have been
well-established and previously reviewed [58]. The oxidative dissolution of a generalized metal sulfide
(MexSy) is illustrated in Figure 1a: this reaction consumes water and oxygen and produces protons,
metal and sulfate ions, and heat.

The reaction pathway for FeS2 oxidation has been studied extensively [26,59–61] and occurs via
an electrochemical mechanism wherein electron exchange takes place on specific surface sites of the
mineral [62]. Its overall congruent dissolution can be simplified by the equation:

FeS2 +
7
2

O2 + H2O→ Fe2+ + 2H+ + 2SO2−
4 (1)

Under oxic conditions, dissolved ferrous Fe2+ rapidly oxidizes into ferric Fe3+ which can act as an
additional oxidant:

Fe2+ +
1
4

O2 + H+ → Fe3+ +
1
2

H2O (2)

FeS2 + 14Fe3+ + 8H2O → 15Fe2+ + 16H+ + 2SO2−
4 (3)

Due to the capability of Fe3+ ions to break metal sulfide bonds more effectively than protons [59], the
Fe3+ reaction speeds up FeS2 oxidation by orders of magnitude and forms an important (auto)catalytic
feedback (Equation (3) versus Equation (1); Figure 1a). Because FeS2 is naturally abundant in many
chalcophile metal ores, Fe3+ also serves as an oxidant to other metal sulfides, e.g.,:

CuFeS2 + 16Fe3+ + 8H2O → Cu2+ + 17Fe2+ + 16H+ + 2SO2−
4 (4)

ZnS + 8Fe3+ + 4H2O → Zn2+ + 8Fe2+ + 8H+ + SO2−
4 (5)

PbS + 8Fe3+ + 4H2O → Pb2+ + 8Fe2+ + 8H+ + SO2−
4 (6)

The kinetics of abiotic sulfide oxidation by Fe3+ allow for much faster sulfide oxidation than by
oxygen alone, so that the above equations for sulfide oxidation with Fe3+ are more commonly used
than those with oxygen, e.g.,:

CuFeS2 + 4O2 → Cu2+ + Fe2+ + 2SO2−
4 (7)

ZnS + 2O2 → Zn2+ + SO2−
4 (8)

PbS + 2O2 → Pb2+ + SO2−
4 (9)

9



Minerals 2020, 10, 728

 

Figure 1. Schematic grouping of key geochemical reactions (not balanced) that control mine waste-
Figure 1. Schematic grouping of key geochemical reactions (not balanced) that control mine waste-rock
drainage quality. The oxidative dissolution of sulfide minerals is the major acid-producing reaction
(a), which has been extensively studied for pyrite and other major sulfides. Galvanic interactions
(b) can promote the preferential dissolution of sulfide minerals (Section 2.5). Additional reactions
(c) can introduce metals and other solutes into the waste rock drainage without directly affecting
drainage pH. The dissolution of carbonates, Fe/Al-(oxy)hydroxides, and silicates (simplified, generalized
stoichiometries; (d) consumes protons and thereby perform a net-buffering action.

Finally, ferrous Fe3+ is very insoluble under oxic and near-neutral conditions and readily
precipitates as Fe3+-(oxy)hydroxide to release additional acidity:

Fe3+ + 3H2O → Fe(OH)3 + 3 H+ (10)

The overall reaction equation for pyrite oxidation (combining Equations (2), (3), and (10)) is
therefore often summarized as:

FeS2 +
15
4

O2 +
7
2

H2O → Fe(OH)3 + 2H2SO4 (11)

Despite the catalytic effect of Fe3+ on sulfide oxidation, the rates of the abiotic reactions described
above are relatively slow, especially at low pH [16,63]. Sulfide oxidation reactions are catalyzed by a
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variety of Fe- and S-oxidizing bacteria that metabolically tap into the energy released during Fe and S
oxidation [64]. Major chemolithotrophic bacteria involved in sulfide oxidation reactions include both
acidophilic and neutrophilic iron and sulfide oxidizing species, e.g., ferrooxidans and thiooxidans
species in the Thiobacillus, Leptospirillum, and Ferrobacillus genera [33,65,66]. The role of microbial
sulfide mineral oxidation in controlling mine waste weathering rates has been well-established and the
geomicrobiology of mine wastes previously reviewed [30,33,67,68] (Table 1).

Because oxidation of sulfidic minerals involves the transfer of many electrons from each sulfur
atom to an aqueous oxidant, various intermediate sulfur species can exist (i.e., polysulfides, thiosulfate,
and elemental sulfur) [59,69–71]. For major sulfides, (a)biotic oxidation pathways, intermediate reaction
products, and corresponding kinetics have been characterized in a variety of settings, i.e., under
ambient conditions versus at elevated temperatures to optimize leaching [27,72–79]. Various kinetic
models exist for pyrite oxidation [2], but the oxidation mechanisms and kinetics for less-abundant
sulfides remain comparatively underexplored (e.g., molybdenite (MoS2) [72,80]). The exact reaction
mechanisms and kinetics of sulfide oxidation vary with weathering conditions (e.g., as shown for
pyrite [75,81–83]). Yet, (hydro)metallurgical and geochemical studies often reveal similar overall rate
dependencies (e.g., on dissolved oxygen and Fe concentrations or mineral surface area) and may
deploy comparable kinetic models [84–86].

Metal sulfide minerals are rarely pure, especially in waste rock: e.g., Fe, Cu, or As, may be readily
substituted by a range of (trace) metals in solid-solutions: As, Co, and Ni can be present in pyrite with
up to several weight percent and sulfosalts typically contain a range of metalloids including As, Sb, Bi,
and Se. Mineralogical impurities have a demonstrated effect on abiotic weathering kinetics [87], and
even though microorganisms in mine waste appear quite tolerant to otherwise harmful metals [88],
impurities may also affect biotic oxidation rates through inhibitive effects or shifts in community
structure and functional diversity [89]. Finally, select other non-sulfur minerals may also oxidize to
produce acidity, e.g., selenide, arsenide, telluride, and antimonide minerals. Due to their natural
scarcity (typical abundances are<‰ of that of S), these metalloids tend to occur at trace levels in sulfides
rather than as distinct phases [90] and are usually not relevant to the overall acid-producing capacity.

2.1.2. Coal Mine Waste

In addition to metal-sulfides waste rock, coal mine wastes can also be a major source of ARD [91–97].
Sulfur can occur in coal in three main forms: (i) inorganic sulfides, including authigenic minerals
such as detrital pyrite, (ii) organically bound sulfur, including mercaptan, (di)sulfide and heterocyclic
compounds, and (iii) inorganic sulfates, particularly in weathered coals [98,99]. Because of the
relative abundance of inorganic sulfide compared to other forms of sulfur in coal waste rock, acidity
production is typically attributed to pyritic material, even though pyrite concentrations in coal vary
regionally [100–102]. While undesirable for the prevention of coal waste drainage acidification,
oxidative de-pyritization (or desulfurization) as a major coal ore beneficiation objective has been
extensively studied [103,104], including pathways [105] and kinetics [106–108].

An important difference between metal ore wastes versus coal wastes is that metal ore waste
typically contains negligible organic carbon, whereas coal wastes can have several wt% organic
carbon [93,98]. This organic material can, in the aqueous phase, subsequently ligate aqueous solutes
and mineral surfaces and thereby alter the mobility of metals in coal waste-rock drainage, depending on
the nature of the ligands and minerals (see Section 2.4.1). Organic matter may oxidize to induce oxygen
depletion and alter the Fe2+/Fe3+ equilibrium (Equation (2)) as well as those of other redox-sensitive
elements (e.g., Mn, As, S) [109]. Subsequent shifts in the microbial community structure to favor Fe
and S reducers [110,111] may lead to net alkali generation (i.e., acid-neutralization) and in fact, certain
acid–rock drainage prevention or remediation strategies rely on the purposed addition of organic
matter to induce oxygen depletion [112–114].
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2.2. Acid-Buffering Reactions

When present and abundant in waste rock, the dissolution of carbonate minerals (e.g., calcite,
dolomite, ankerite), Al- and Fe-(oxy)hydroxides (e.g., gibbsite, ferrihydrite, respectively) and silicate
minerals (e.g., feldspars, chlorites, smectites, micas, and amphiboles) consumes protons and introduces
alkalinity that offsets acidity produced by sulfide oxidation [2,16]. The following (simplified) equations
illustrate these reactions:

CaCO3 + H+ → Ca2+ + HCO−3 (12)

[Fe/Al]OOH + 3H+ → [Fe/Al]3+ + 2H2O (13)

CaSiO3 + 2H+ + H2O→ Ca2+ + H4SiO4 (14)

CaAl2Si2O8 + 8H+ → Ca2+ + 2Al3+ + 2H4SiO4 (15)

The acid-neutralizing dissolution reactions of carbonates, oxides and silicates accelerate at
decreasing pH, in accordance with their solubility, creating a so-called buffering sequence for acid–rock
drainage [16,115]: carbonates buffer acidity until they are typically depleted at pH < 6, Al- and
Fe-(oxy)hydroxides dissolve to buffer acidity at pH < 4–5 and pH < 3–4, respectively, and the
dissolution of aluminosilicates only significantly contributes to acid-buffering capacity at pH < 3.
Carbonate dissolution neutralizes protons through the carbonate equilibrium, but dissolution of
Fe-rich carbonate (e.g., siderite (FeCO3)) also introduces dissolved ferrous Fe that upon oxidation
and hydrolysis (Equation (10)) releases surplus protons, reducing the net-neutralizing action [2,46].
Acid-buffering minerals dissolve simultaneously alongside progressing sulfide oxidation when they
are naturally co-located in the waste-rock matrix [115]. In addition, they may also be intentionally
mixed, blended, or added to sulfide-rich waste material as an active or passive acid–rock drainage
remediation strategy [116–118].

A wealth of information is available on the molecular mechanisms, kinetics, and pH-dependencies
of dissolution reactions of carbonate minerals [119–121], Fe-(oxy)hydroxides [122,123], and silicate
minerals commonly encountered in waste rock [124–126]. The kinetics of carbonate dissolution are
typically rapid compared to sulfide oxidation (i.e., far from equilibrium [127]), whereas the dissolution of
silicates is orders-of-magnitude slower [2]. This introduces important ramifications as to the timescales
required for effective acid-neutralization, for instsance when transport times are fast or experimental
durations short (e.g., static tests; Section 2.6.1). In addition to consuming protons, dissolution of
carbonate, oxide, or aluminosilicate minerals introduces additional solutes to a leachate, including
Ca, Mg, Mn, Al, and Fe, and possibly metal impurities if present at considerable levels [128,129].
Mobilization of such solutes and its effect on drainage quality must be considered if these neutralizing
materials are to be employed to prevent or remediate acid drainage [13]. Similar to sulfide oxidation,
mineralogical heterogeneities (Section 2.5) strongly affect the efficacy of acid-neutralizing reactions.
In contrast to sulfide-dominated acid-production, acid-neutralization can be governed by many
minerals: prediction of the extent and timing of neutralization therefore requires characterization of
the complete mineral assemblage.

2.3. The Geochemistry of Neutral Drainage

While the environmental impacts of ARD have received extensive attention, neutral to alkaline
drainage can also compromise water quality: neutral rock drainage (NRD), also referred to as
contaminated neutral drainage (CND; [129,130]) or metal leaching (ML; [131,132]), is the mobilization
of hardness (mostly Ca and Mg), major ions such as sulfate and chloride, metal(oid)s, and other
contaminants that are mobile under near-neutral, non-acidic conditions. Most metallic cations show
higher solubility in acidic conditions, such as Cu, Ni, Zn, Co, and Mn [133], but some can remain in
elevated concentrations at near-neutral values, mostly because their oxyhydroxides precipitate at pH
between 6 and 10. Oxyanionic elements such as As, Se, and Mo exhibit elevated mobility at near-neutral
pH, which has been demonstrated in a variety of hornfels, carbonate [126], and sedimentary [134]
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waste-rock types. Cations and oxyanions generally show inverse behavior in mine drainage in the
sense that cations tend to adsorb or precipitate in near neutral and alkaline conditions, while oxyanions
tend to do more so under (slightly) acidic conditions (see Section 2.4.1). Despite a growing awareness
of its potential environmental impacts, there is currently no standardized definition of neutral mine
drainage [132]. Table 2 lists examples of reported NRD cases, illustrating how neutral drainage
composition can be widely different across sites (slightly acidic versus alkaline, and negligible versus
elevated concentrations of sulfate, metal(loid)s, and other (non-metallic) contaminants). NRD from
waste rock can arise in different situations:

(i) Sulfide oxidation in the presence of sufficient acid-buffering or weathering of non-acid generating
minerals (i.e., low-sulfide waste rock such as carbonates and silicates [135]), dissolution of
salts [136];

(ii) Insufficient treatment of ARD (e.g., abandoned mine sites using passive ARD treatment), where
the pH is successfully increased to near-neutral but certain contaminants remain present at
elevated concentrations;

(iii) Within reclaimed ARD-generating mine wastes, where the rate of acid generation is decreased to
levels that can be buffered by neutralizing minerals, but still allows for the leaching of metals.

Contaminant loads in neutral drainage can be controlled by their occurrence in sulfidic minerals
as well as carbonate or silicate phases, or through the dissolution of (secondary) salts and oxides
(Figure 1). For instance, elevated As levels in high-alkalinity drainage have been mostly attributed
to the oxidation of arsenopyrite or As-bearing pyrite that had been neutralized [137,138] but may
also originate from natively As-rich carbonate phases in the absence of Fe-oxides [128]. With the
increased interest in the development of rare earth element (REE) mines, there is an increasing interest
in REE geochemistry and ecotoxicity [139–141]. REE-bearing minerals can be found in many different
geological settings (although not necessarily at economic concentrations), and REEs can be found
as trace contaminants in other minerals. Therefore, they might represent an accessory contaminant
in mine drainage from non-REE operations. Indeed, they are found in many ARD cases [142,143]
but most REE deposits are within geological settings that are not prone to ARD generation, such as
pegmatites, carbonatites, and peralkaline igneous deposits, as well as within placers and clays ([144]
and references therein). Upon their release in near-neutral mine waters, REE concentrations are mostly
controlled by secondary precipitation and sorption phenomena (Section 2.4) [145–148]. However,
significant knowledge gaps remain as to the fate of REE released from mine wastes.

Table 2. Examples of neutral rock drainage (NRD) chemistries reported at different mine sites around
the world.

Antamina,
Peru [128]

Hitura,
Finland
[149,150]

Lac Tio,
Canada

[130]

Beaver
Brook,

Canada
[151]

Greens
Creek,
United

States [152]

Giant Mine,
Canada

[153]

pH 6.5–8.5 6.1–7.0 6.5–7.5 5.7–8.6 6.5–8.5 6.7
Ni (mg/L) N/R 0.2–14.3 0.1–8.8 N/R 0–1 0.029
Zn (mg/L) 0.1–80 25–660 N/R N/R 0–150 0.027
Mn (mg/L) 0.001–0.2 4.7–8.9 N/R N/R 0–35 0.446
Co (mg/L) N/R 0.05–7.2 N/R N/R N/R <0.007
As (mg/L) 0.001–1.0 N/R N/R 0–2.3 0–0.03 4060
Se (mg/L) 0.001–0.2 N/R N/R N/R 0–0.02 <0.03
Sb (mg/L) 0.001–0.2 N/R N/R 0–26 0–0.06 11.9
Mo (mg/L) 0.0–1.0 N/R N/R N/R 0–0.02 0.07
SO4 (g/L) 0.1–2 2.1–5.2 0.1–3.5 0.075–0.9 2–8 0.5
Ca (mg/L) 50–600 200–450 10–70 9–231 400–800 313

N/R: not reported.

13



Minerals 2020, 10, 728

2.4. Attenuation Processes

Attenuation processes can retain solutes in the waste-rock matrix and thereby influence drainage
quality [51,115,154]. Solute-specific attenuation through adsorption or secondary mineral formation
can lead to apparent discrepancies between the elemental composition of bulk waste rock and observed
drainage loads. A quantitative assessment of relevant attenuation mechanisms, informed by robust
mineralogical analyses and/or geochemical equilibrium modeling, can help predict such discrepancies
and optimize waste rock management.

2.4.1. Adsorption

Geochemical adsorption refers to the reversible attachment of aqueous solutes to mineral surfaces
(schematic in Figure 2a). While adsorption is highly surface- and solute-specific, the general relevance
of adsorption for mine waste drainage quality has been widely acknowledged [2]. Field and laboratory
waste-rock studies have demonstrated that sorption can be a dominant attenuation mechanism for
various mine waste-relevant solutes, from metal cations [155] to metal(oid) oxyanions [128].

 

Figure 2. Schematic of key geochemical attenuation processes in mine waste rock: adsorption
(a) and secondary mineral formation (b). Through adsorption, (hydrated) ionic or ligated solutes
and complexes adsorb to mineral surface groups (-M-(x)) through covalent bonding or electrostatic
interaction. Secondary minerals form on mineral surfaces or spontaneously in solution through
(co-)precipitation of cationic and anionic aqueous solutes. The occlusion of mineral surfaces by
secondary mineral precipitation is referred to as passivation or armoring (c), discussed in Section 2.5.

Adsorption can involve relatively strong covalent binding (inner-sphere) or weaker electrostatic
attraction between aqueous ions and oppositely charged mineral surfaces (outer-sphere). In both cases,
adsorption is governed by the solute’s aqueous speciation as well as characteristics of the mineral
surface (e.g., pH-dependent surface charge). The aqueous speciation chemistry for major inorganic ions
in mine waste drainage has been previously reviewed (e.g., for Cu [156] and Zn [157]). Because most
solutes present in mine drainage have an aqueous speciation that is strongly dependent on the solution
chemistry, and because the surface characteristics of minerals present at a site may equally vary with the
drainage type (i.e., acidic versus neutral versus alkaline), the many geochemical reactions underlying
adsorption typically require modeling to be resolved and quantified. Geochemical equilibrium models,
informed by thermodynamic and kinetic parameters for these reactions, are frequently used to study
and predict net-attenuating effects under practice-relevant conditions [132]. However, even with
thermodynamic databases supplying equilibrium or stability constants for aqueous complexation
and hydrolysis reactions, the complete aqueous speciation of mine drainage may be challenging to
predict, in particular for complex solutions that seasonally vary [115]. Evolving solution chemistries
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can induce desorption reactions, whereby previously adsorbed solutes may be re-introduced into the
drainage [2]. Even though Lewis acid–base interactions and aqueous complexation reactions for major
solutes are part of established geochemical equilibrium models, relevant aqueous ligands and potential
competitive solutes need to be experimentally determined to inform such models. This may be
especially challenging for e.g., coal waste-rock drainage [158,159] where a variety of organic acids can
occur. Furthermore, significant temperature variations can occur within waste-rock piles (Section 3.3)
and the ionic strengths of waste rock leachates can be unusually high, so that these aspects must be
considered in aqueous speciation modeling.

The modes of surface binding are documented for major waste-rock solutes and detailed adsorption
models exist for various mineral surfaces (e.g., multi-layer models, charge-distribution multi-site
complexation model [160]). Yet, the application of quantitative sorption models in drainage predictions
is scarce. This may be because the sorption properties of less-abundant solutes remain poorly studied
(e.g., Mo [161]) and stability constants deduced in laboratory studies may not be representative for
variable field conditions. Furthermore, the data required to inform sorption models, i.e., mineral
surface characteristics such as sorption-site density or solution chemistry, is typically unavailable
(or semi-quantitative at best) for large, heterogeneous waste-rock piles. Finally, the surface properties of
waste rock may evolve as weathering progresses, e.g., through precipitation of amorphous secondary
Fe-oxide coatings with elevated sorption capacity. As a result, adsorption modeling for waste rock
often relies on estimated parameters, adoption of synthetic idealized phases (e.g., hydrous ferric
oxide [128]), or extrapolation of generalized behavior (the Irving-Williams series) in stable drainage
types. Adsorption is often considered a precursor for secondary mineral formation (Section 2.4.2) but
the contribution of adsorption versus that of secondary minerals to overall attenuation remains to be
quantitatively resolved.

2.4.2. Secondary Mineral Formation

Secondary minerals in waste rock are considered those minerals that form after the waste material is
disposed (Figure 2b), i.e., distinct from primary minerals and oxidation products native to the excavated
(ore) material. Major secondary mineral phases in mine waste have been reviewed previously [2]
and include (oxy)hydroxides, (hydroxy)sulfates, (hydroxy)carbonates, and phosphates, or arsenates,
depending on the waste-rock primary mineralogy. Specific secondary phases encountered at many
mine sites include Fe-oxides (e.g., ferrihydrite, goethite, and lepidocrocite), the Fe-sulfates jarosite and
melanterite, as well as gypsum (CaSO4) [2,54,115].

Secondary mineral precipitates are typically composed of different polymorphs of variable
hydration: water-soluble salts may initially precipitate as hydrated or hydroxy-phases but recrystallize
into more stable forms as the precipitates age, accelerated by evaporation and drying of the waste
rock. The physical and hydrological conditions of waste-rock piles (size, particle size, hydraulic
retention time; discussed in Section 3) have a strong impact on the geochemical water-rock interaction
and therefore occurrence of secondary minerals. Secondary minerals often occur as distinct rims or
coatings on weathered host particles, but their occurrence is not necessarily related to the waste-rock
composition in their direct vicinity: mixing of different drainage types within heterogeneous waste-rock
piles [162] (Section 3.1) or generally rapid infiltration rates compared to slow precipitation rates may
facilitate secondary mineral precipitation seemingly unrelated to the local waste-rock composition [163].
While certain secondary phases readily precipitate (e.g., Fe-(hydroxy)oxides [2,16]), others may take
decades to precipitate and crystalize to detectable levels [115]. The bulk mineralogy and drainage
pH of waste-rock piles can indicate whether certain secondary mineral classes are likely to occur
(e.g., secondary phosphates and carbonates are unstable at drainage pH< 4 [164]; secondary phases
such as scorodite may be stable even under strongly acidic conditions [165]. Thus, secondary minerals
typically exhibit a widely different stability under oxic versus anoxic or acidic versus neutral drainage
conditions [2]. Their controls on long-term drainage quality may thus be difficult to quantify for
heterogeneous waste-rock piles with seasonally and spatially variable drainage signatures. For instance,
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re-dissolution of secondary minerals under gradually acidifying drainage conditions or due to the
reductive dissolution of Fe-oxides, have both been invoked to explain spikes in loading rates on the
timescales of years [115].

Secondary minerals are often qualitatively inferred from chemical equilibrium modeling
(i.e., mineral saturation indices) rather than unequivocally identified analytically [115,165]. Yet, mineral
stability constants obtained in controlled laboratory experiments may not apply under field
conditions, and secondary mineral occurrence is dictated by their precipitation kinetics more than
by geochemical saturation (e.g., slower crystal growth rates occur under low degrees of saturation
whereas high precipitation rates may be sustained by spontaneous nucleation at high oversaturation).
The identification, let alone quantification, of secondary minerals in waste rock, e.g., with X-Ray
diffraction (XRD), remains challenging for dispersed and poorly crystalline phases. Yet, even secondary
phases with low overall bulk abundance can be substantial attenuating sinks: e.g., the scarce but
rapidly precipitating wulfenite (PbMoO4) has been shown to present an important control on Pb and
Mo drainage levels [161,166,167]. For successful drainage management, it is thus critical that the
secondary mineral assemblage is quantified and monitored over time.

2.5. Mineral Reactivity

The generation of acidic and metal-bearing drainage from waste rock is the result of mineral-water
interaction, and thus the nature of the fluid and the minerals themselves. The relative resistance
to oxidation of common sulfide minerals in mine waste has been discussed: based mostly on field
observations, pyrrhotite is considered the most reactive, followed by galena, sphalerite, bornite,
pentlandite, arsenopyrite, marcasite, pyrite, and chalcopyrite [45,168,169]. The reactivity of potentially
neutralizing minerals also influences mine drainage quality, e.g., calcite is considered to be 180 times
more reactive than the most reactive silicate (wollastonite). In addition to its mineral composition
(or overall sulfide grade), overall waste-rock reactivity is determined by additional petrographic
and mineralogical factors that include crystallinity and morphology [24,170,171], surface defects
and heterogeneities, and reduced liberation (i.e., reduced exposure to oxygen and fluids) caused by
inclusion in primary minerals (occlusion) or secondary mineral precipitation (passivation or armoring;
Figure 2c) [163,172–175].

Small-scale mineral features of waste rock are typically unknown in practice, since determining
them requires more advanced analytical techniques that can be costly to apply to sufficient samples
for a realistic assessment [45]. These factors, however, may explain why predictive laboratory testing
does not always match field results (Section 2.6.1) [129,176]. For instance, occluded (unliberated)
sulfides in silicates are less likely to oxidize, and both chemical and mineralogical acid–base accounting
tests may thus overestimate potential acid generation, especially waste that has been exposed over
times such that the exposed sulfides have oxidized. Further, sulfide oxidation may be slowed by the
formation of secondary mineral rims of Fe-(oxyhydr)oxides, sulfates, or even secondary carbonates
such as smithsonite, whereas sulfides that do not contain iron, such as stibnite, may oxidize more
rapidly because they do not develop Fe-oxide rims [151]. Such passivation may thus occur selectively
on specific minerals but also throughout the waste-rock matrix [177], and extensive precipitation can
even reduce pore space and thereby alter the hydraulic properties of waste rock (Section 4). Deliberate
sulfide passivation has also been proposed as an active acid drainage prevention technique [178,179],
e.g., using metal-organic complex formation and passivation of sulfides [180,181]. Finally, the contact
of two sulfidic phases in waste rock can result in electron exchange (galvanic interaction) that
causes one phase to corrode more rapidly than the other (Figure 1b). For instance, the leaching
of chalcopyrite can be enhanced through association with pyrite [182]. Galvanic interactions can
substantially increase the leaching of one or both of the minerals that constitute the galvanic cell:
galvanically promoted dissolution has been reported in laboratory and field studies with mine waste
rock [163,183–185]. Even though mineral occlusion, passivation, and association are known to critically
determine waste-rock reactivity [115,186], and techniques such as electron microscopy and automated
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mineralogy (e.g., MLA, QEMSCAN) now allow for such parameters to be quantified with increasing
ease, few waste-rock studies and drainage prediction models have given consideration to mineralogical
and petrographic aspects (e.g., through refinement of kinetic rates) [187–190], given the cost of a
representative assessment at full scale (Sections 2.6 and 3.4).

In general, the grain size of primary minerals is inversely correlated with reactivity, and thus
finely-crushed tailings are expected to be more reactive in terms of sulfide oxidation and carbonate
dissolution than coarse waste rock fragments. On the other hand, larger pore spaces and unsaturation
of waste rock may result in a higher ingress of oxygen and periodic wetting and drying of mineral
surfaces, which may increase reactivity (Section 3.2). The nature of the water interacting with the waste
rock also affects reactivity. Oxygen-rich, slightly acidic meteoric water interacting with recently blasted
waste rock will encounter freshly broken minerals surface, and possibly highly reactive mineral dust
from blasting. Porewater reaching the lower portions of a waste-rock pile may be oxygen depleted,
and Fe3+ may act as an oxidant under acid conditions in the absence of dissolved oxygen (Equation (3)).
Under anoxic conditions at the bottom of a pile, or if the waste rock is submerged, Fe-(oxyhydr)oxides
are susceptible to reductive dissolution, resulting in release of elements of concern that were attenuated
by adsorption or co-precipitation. Waste rock submerged in a marine environment is unlikely to
generate acidic drainage, given the strong buffering capacity of seawater, although the availability of
ligands may increase the solubility of some metals [191].

2.6. Characterization of Bulk Waste-Rock Reactivity

While the geochemical reactions in weathering waste rock are universal on a molecular level, there
is typically large variability in the weathering conditions and waste-rock composition and grain sizes
across mine sites. As a result, sulfide oxidation and bulk weathering rates reported from laboratory and
field experiments vary by orders-of-magnitude across sites (Table 3). Because it is virtually impossible
to resolve all molecular-scale mineralogical heterogeneity, waste-rock reactivity or weathering rates are
typically presented through representative bulk parameters such as drainage loads (i.e., net sulfate
leaching) or oxygen consumption or heat production rates [192–194]. Similarly, the estimation of the
acid-producing versus acid-neutralizing nature of waste-rock material is often based on bulk laboratory
tests (static testing or acid–base accounting (ABA)) rather than (or complementary to) microscale
mineralogical analyses.

17



Minerals 2020, 10, 728

Table 3. Selection of waste-rock weathering rates reported for mine sites around the world, including field studies, laboratory experiments, and numerical modeling.

Reported Rate [Varying Units] Waste-Rock Type
Mine [Main Ore

Product]
Method of Estimation

Rate in g S per kg Waste
Rock (Bulk) per Year *

Reference

Laboratory studies

5 ± 1 × 10−7 [mol O2 m−3 s−1] up to 1.5% sulfides Aitik, Sweden [Cu] Oxygen consumption 0.3 [195,196]
up to 7 × 10−8 [mol O2 kg−1 s−1] up to 6 wt% py Doyon, Canada [Au] Oxygen consumption up to 40 [192]

6 to 60 [mg SO4 kg−1 wk−1] <0.5 wt% S Cluff Lake, Canada [U] Sulfate mass-loading 0.3 to 3 [183]

1 × 10−12 to 4 × 10−11 [kg O2 kg−1 s−1] 0.6 – 1.4% S Duluth Complex, USA
[Cu, Ni] Drainage loading 1.8 to 52 [197]

Field experiments

3 × 10−9 to 1 × 10−7 [kg O2 m−3 s−1] Reactive (>3% S) Antamina, Peru [Cu, Zn] Oxygen consumption 0.1 to 3.4 [198]
6 × 10−11 to 4 × 10−10 [kg O2 m−3 s−1] Unreactive (<0.5% S) Antamina, Peru [Cu, Zn] Oxygen consumption 0.002 to 0.01 [198]
up to 3 × 10−3 (±87%) [kg S kg−1 yr−1] Reactive (1.6% S) Antamina, Peru [Cu, Zn] Sulfate mass-loading 3 [115]
up to 4 × 10−4 (±20%) [kg S kg−1 yr−1] Unreactive (0.5% S) Antamina, Peru [Cu, Zn] Sulfate mass-loading 0.4 [115]

1 × 10−7 [kg S m−3 s−1] Reactive (>10% S) Antamina, Peru [Cu, Zn] Heat production 1.8 [194]
2 × 10−7 [kg O2 m−3 s−1] Reactive (>10% S) Antamina, Peru [Cu, Zn] Oxygen consumption 6.7 [194]
0.05 to 0.3 [g S kg−1 yr−1] Mixed (0.5–1.6%S) Antamina, Peru [Cu, Zn] Heat production 0.05 to 0.3 [199]

1 × 10−8 to 1 × 10−10 [kg O2 m−3 s−1] 0.6 vol% Sulfides Aitik, Sweden [Cu] Oxygen consumption 0.002 to 0.2 [200,201]
1 × 10−9 to 1 × 10−10 [mol O2 kg−1 s−1] Up to 6 wt% py Doyon, Canada [Au] Heat and oxygen profiles 0.58 to 5.8 [192]

3 to 100 [mg SO4 kg−1 wk−1] <0.5 wt% S Cluff Lake, Canada [U] Sulfate mass-loading 0.05 to 1.7 [193]
7 to 70 [mg SO4 kg−1 wk−1] <0.5 wt% S Cluff Lake, Canada [U] Oxygen consumption 0.12 to 1.2 [193]

8 × 10−8 to 2 × 10−7 [kg Py m−2 s−1] Mixed (~3 wt% S) Rum Jungle, Australia [U] Thermal profiles 0.15 to 0.36 [202]

Numerical modelling

0.004–0.4 [kg O2 m−3 yr−1] Mixed (6–0.1% S) Doyon, Canada [Au] Simulated 0.004 to 0.4 [203]
0.02 [kg Py m−3 yr−1] Mixed (0.1% Py) Doyon, Canada [Au] Simulated 0.006 [204,205]
0.15 [kg Py m−3 yr−1] Mixed (0.05% Py) Nordhalde, Germany [U] Simulated 0.04 [204,205]

5 ± 1 × 10−7 [mol O2 m−3 s−1] up to 1.5% sulfides Aitik, Sweden [Cu] Calibrated to
measurements 0.3 [195]

1 × 10−7 to 5 × 10−10 [kg O2 m−3 s−1] 0.1 to 1 wt% - Adopted 0.005 to 0.9 [206]
up to 292 [kg O2 m−3 day−1] 3.5% Questa, USA [Mo] Simulated up to 0.08 [207]

* Conversion performed using the stoichiometry of Equation (11) and bulk waste rock density and porosity values provided in the corresponding references.
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2.6.1. Static and Kinetic Testing

Static tests aim to quantify the acid-generating and acid-neutralizing capabilities of bulk mine
waste materials [45]: paste-pH, acid-base accounting (ABA), and net acid generation (NAG) tests are
common waste-rock classification methods. The detailed procedures, advantages, and shortcomings
of static tests have been reviewed [45,46,132,208]. In brief, ABA is based on a determination of the
total sulfur, sulfide, and carbon content of a waste-rock sample. The acid-producing potential (AP)
is calculated by multiplying the sulfur or sulfide content by a stoichiometric factor [132], typically
differing with sulfide reactivity (Section 2.5) [209,210]. Acid-neutralization potential (NP) is typically
determined by titration with HCl (Sobek method [132,211,212]), although such NP determination
has been repeatedly revised [213–215] and equally deploys correction factors [45,216–218]. Both AP
and NP typically have units of kg CaCO3 per ton waste rock and ultimately aggregate unresolved
mineralogical heterogeneity into bulk waste-rock properties. From AP and NP, a net-neutralizing
potential (NNP = AP–NP; kg CaCO3/ton waste rock) or neutralizing potential ratio (NPR =NP/AP;
unitless) can be calculated. Although different, site-specific cut-off values to assess acid-production
risks are used, it is often assumed that NNP < −20 kg CaCO3/ton or NPR < 1 indicate potential net
acid-generating material, whereas material with NNP > 20 kg CaCO3/ton or NPR > 3 is non-acid
generating [132]. Considerable uncertainty remains associated with these NNP or NPR classification
criteria and unexpected drainage acidification in high NPR materials, as well as non-acidic drainage
from high-sulfide materials [219], have been reported. Being practical and cost-efficient, ABA analyses
continue to be widely used and optimized, e.g., through (i) corrections for oxidation steps that dissolve
organic material, (ii) corrections for samples with abundant forms of S other than sulfide [220], and (iii)
improved determination of silicate NP [221,222].

Static testing is often complemented by kinetic testing to overcome the discrepancy between
conditions for (short-term) laboratory testing on crushed, sieved samples and the long-term behavior
of coarser waste rock observed in the field. Examples of kinetic tests include laboratory humidity cell
tests with artificial wetting- and drying cycles [129,132], column tests [68], as well as field cell tests of
a variety of sizes [128,177]. The benefits and limitations of humidity cell tests have been previously
reviewed [176,223]. Kinetic tests can be used to predict long-term weathering dynamics, investigate
specific geochemical processes, and test possible reclamation scenarios [175]. While long-term kinetic
testing (i.e., months to years) is comparably expensive, kinetic tests are generally performed after static
testwork has identified critical or uncertain samples. Field-based kinetic tests range from small (<1 m3)
to large-scale (thousands of m3) experiments with waste-rock barrels, pads, or test piles, and although
field tests can account for site-specific climatic conditions, they usually cannot be established until
advanced stages of mine operation.

Several multi-scale field research programs with a combination of static and long-term kinetic
tests have been conducted/completed recently, e.g., at the Aitik [195,200,224], Diavik [225–228],
and Antamina [115,166,177,199,229,230] mines. These programs have investigated waste-rock
weathering dynamics and drainage quality evolution in small-scale laboratory tests, meso-scale
columns, and up to full-scale field experiments. A key advantage of such programs is the
opportunity to investigate geochemical reactions and transport processes under quasi-controlled
conditions across a range of scales, thereby providing a means to verify the reliability and accuracy
of static tests for model parameterization (Section 4.2) and practical industrial-scale predictions.
Additional multiscale investigations will be crucial to address remaining knowledge gaps, improve our
conceptual understanding of waste rock weathering processes, and inform practical drainage quality
prediction models.

2.6.2. Macroscale Geochemical Heterogeneity

Full-scale waste-rock piles, especially in complex geological settings [231], may exhibit a high
degree of geochemical heterogeneity, arising from the mixing of different waste-rock materials and
depositional practices (i.e., push- versus end-dumping [232]). On the one hand, such heterogeneities
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can complicate the development of predictive water quality models when the location and nature
of more reactive waste materials is unknown. However, strategic placement of different materials
(e.g., co-location or blending of acid-producing and acid-neutralizing materials) can also be an
effective strategy to mitigate acid drainage risks [233]. Geochemical material heterogeneity can
cause unpredictable weathering dynamics [115,234–236] and representative sampling is critical to
characterize the spatial distribution of mineral reactivity that can significantly affect the overall drainage
signature of composite systems. Relevant geological, lithological, and alteration units must be sampled
relative to the amounts and particle size of each material [45,132]: inadequate sampling can contribute
to substantial variability or incorrect assessment of waste-rock reactivity. Sampling and analysis
of waste-rock properties or material heterogeneity must be fit-for-purpose to inform the deployed
prediction model: generalization and extrapolation from static tests may be insufficient when done in
lieu of appropriate kinetic testing, as illustrated by the wide range of weathering rates observed in the
field (Table 3).

Thus, bulk waste-rock parameters can be used to aggregate variability in mineralogical composition
of waste rock but static test results or bulk weathering indicators may not reflect in-situ sulfide oxidation
rates and acid-generation in spatially heterogeneous systems, e.g., when retention by secondary minerals
is insufficiently quantified. More accurate predictions of waste-rock drainage dynamics in full-scale
systems may be achieved when static tests, detailed mineralogical analyses and targeted kinetic tests
are effectively combined.

3. Physical Transport Processes

In addition to the geochemical weathering and attenuation processes discussed above, waste-rock
drainage quality and quantities are controlled by the transport of gas, water, and heat through porous
waste-rock piles: aqueous transport controls the ultimate export of solubilized solutes from the
waste-rock pile, and gas transport can affect weathering rates through controlling oxygen supply
required to sustain sulfide oxidation.

3.1. Aqueous Transport

Water flow within waste-rock piles is highly site-specific and varies with climate, (internal) pile
structure, and hydrogeological waste-rock properties. At the macroscale (Figure 3), drainage of a
waste-rock pile can be described by a water balance [16]:

P = E + R + G−R + ∆S (16)

in which P is precipitation, E is evapo(transpi)ration, R is runoff, G is groundwater exchange, R is
reaction, and ∆S is change in internal storage (i.e., infiltration or drainage). Modern waste-rock piles
are preferably placed onto relatively impermeable or lined surfaces to minimize interaction with
groundwater if present at the site. Further, the highest oxidation rates listed in Table 3 indicate that
water consumption by weathering reactions is maximally on the order of 0.01–0.1 kg H2O m−3 year−1,
and thus only relevant to the water budget for tall piles stored at very dry conditions (<200 mm year−1).
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Figure 3. Schematic illustration of relevant aqueous (blue) and gaseous (red) mass transport processes
in waste-rock piles, distinguishing between macroscale (a) and porescale or microscale (b) processes.

Evaporation has been investigated for engineered waste-rock covers [237,238] but less for bare
waste-rock piles [239]. Near-surface water and energy balances have been used to estimate evaporation
rates for waste-rock piles by combining rainfall gauging, soil-water characteristic curves and suction
measurements, in-situ moisture sensors, scintillometry, and eddy covariance measurements or surface
heat mapping [240]. Evapo(transpi)ration rates inferred from local meteorological measurements
are poorly representative for the quite unique, coarse-textured nature of waste rock and empirical
relationships to estimate evaporation (e.g., Penman-Monteith) must be calibrated for such surface
properties [241]. Water and energy balancing at various mine sites have indicated that evaporation may
be the dominant component (i.e.,>70%) of the water balance of waste-rock piles [241,242]. A comparison
of twelve waste-rock piles [240] indicated that effective evaporation was lower for bare waste-rock
piles compared to covered or vegetated piles. However, evaporation rates from waste-rock piles
strongly differ from variability in local climatic conditions (wind speed, insolation [243]), slope aspects,
as well as surface waste-rock properties (particle size, roughness, albedo). Further study is required
to resolve the controls on evaporative fluxes posed by thermal gradients [239,244] (e.g., quantifying
surface heating using infrared cameras) versus those of vapor pressure versus diffusive gradients [245]
(e.g., mapping of saturation and the evaporative ‘drying front’ [246]).

Surface runoff from waste-rock piles may be deliberately minimized to avoid erosion on the
pile batters, in which case it is typically insignificant for the water balance. Yet, certain reclamation
strategies rely on maximizing runoff from compacted (subsurface) cover layers to limit percolation
into underlying reactive material [236,247]. Material compaction (e.g., in traffic surfaces) can facilitate
surface runoff and ponding, especially under flashy precipitation patterns. Eventually, the non-runoff
or evaporated fraction of precipitation will infiltrate the unsaturated waste-rock pile. Downward
propagation of precipitation forms a wetting front that becomes drainage constituting the base seepage.
Changes in internal water storage can be significant when drainage fronts successively migrate through
unsaturated waste rock as a result of seasonal precipitation patterns or during so-called wetting-up
phases in newly deposited piles [225,229,248].

At the porescale (Figure 3), the drainage flow regime from a waste-rock pile is the result of
infiltration through a typically large range of grain and pore sizes. Particle sizes in waste rock
can vary from greater than 1-m boulders to sub-millimeter clay-sized fractions (i.e., wide particle
size distributions and porosity ranges) [16]. Such variability must be accounted for conceptual
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hydrological models aimed at capturing waste-rock flow dynamics and parameters such as hydraulic
conductivity can be highly non-uniform across poorly-sorted heterogeneous waste-rock piles [229,249].
Infiltration is often (conceptually) separated into a slower matric flow component, in which water
flows under capillary and gravity forces as described by Richards’ equation, and a faster macropore
(or non-capillary, preferential) flow component, which is more rapid and channelized [250]. Wetting
fronts move according to kinematic velocity under dominantly matrix flow conditions but can travel
hundreds of times faster than the average velocity as a result of preferential flow [251]. Preferential
flow phenomena have been extensively studied and reviewed [252,253], including in mine waste
rock [249,254–256].

Tracer tests with internal or externally applied conservative solutes can be used to identify
and quantify preferential flow phenomena. Calibration of hydraulic parameters from tracer tests is
often preferred over conventional field tests (e.g., infiltrometer, permeameter), which are challenging
for large-scale systems and boulder-sized particles. Approaches to describe non-uniform flow in
unsaturated porous media exist include advanced dual-domain (dual-porosity, dual-permeability)
models that have meanwhile been applied to waste rock [229,230]. While preferential flow will be
critical for the prediction of water quantity hydrographs and flushing dynamics, water quality may be
dominantly controlled by matrix flow that facilitates longer contact times with finer-grainer particles
with elevated reactive surface areas and thus solute mobilization [16]. Finally, freeze-and-thaw cycles
may completely alter the hydrological regime in waste-rock piles and can thereby critically affect
drainage dynamics [257,258]. The cryohydrogeology of waste-rock piles is strongly coupled to the
thermal regime through phase transitions (Section 3.3) and has been described by model approaches
that include the Clapeyron equation or Soil-Freezing Characteristic Curves [259]. Thus, waste-rock
flow dynamics are highly site-specific and further research is required to optimize and parameterize
hydrological models for full-scale waste-rock systems.

3.2. Gas Transport

Oxygen consumption from sulfide oxidation and CO2 production from carbonate dissolution may
induce poregas pressures and compositions that differ from atmospheric conditions, particularly in large
waste-rock piles with reactive material [194,198,199,260]. In smaller-scale (laboratory) experiments
with less-reactive waste rock, poregas variations are typically neglected yet rarely experimentally
determined. Gradients in poregas composition and pressure trigger gas transfer through diffusion
and advection, respectively (Figure 3), which affect internal poregas distributions and the generally
outward transport of CO2 versus inward replenishment of O2. The contribution of dissolved oxygen
transport in percolating water is usually negligible (low solubility) [16] and convection as a combined
heat and gas transfer mechanism is discussed below.

Molecular diffusion typically dominates gas transport in low permeability waste-rock
systems: the controls of oxygen diffusion on sulfide oxidation rates have been estimated from
mass-balance calculations (Fick’s laws) [192,194,261], and more advanced modeling of combined gas
advection-diffusion with spatially-discretized diffusion parameters [262]. In addition to diffusion,
pressure gradients can result in advective gas transport in porous media [263]. Estimates of advective
gas transport using e.g., pneumatic heads and Darcy’s law for gas, have shown that barometric
fluctuations can be relevant for gas transport particularly through more permeable coarse rubble zones
at the bases of waste-rock piles [194,243,264,265].

Both diffusive and advective gas transfer are strongly controlled by the properties of the waste rock,
including its permeability, degree of porewater saturation, and spatial heterogeneity therein [194,266].
Various empirical and semi-empirical formulae to estimate diffusivity and permeability from particle
size distributions or porosity ranges exist [267–269] but these often invoke tortuosity or constrictivity
parameters that are poorly defined [266]. Typical effective permeability and gas-diffusivity ranges for
waste rock have been reviewed [16] and vary orders of magnitude between and within sites [194].
As a result, gas transfer is usually only quantitatively constrained for waste-rock piles, even though
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oxygen supply may be rate-limiting in full-scale prediction models. Site-specific field determination of
gas transport properties, especially in dual-porosity media, is particularly challenging for full-sized
waste-rock systems across large areal extents. Further research is therefore required to assess the
applicability and practicality of in-situ sensing or gas injection tracer tests for such parameterization,
considering that a quantitative understanding of gas transport limitations can be used to better assess
weathering rates and optimize drainage quality predictions.

3.3. Heat Transport

Exothermic sulfide oxidation (e.g., 1000–1500 kJ·mol−1 for pyrite [270]) can cause internal
temperatures in waste-rock piles to rise to tens of degrees above average ambient temperatures,
e.g., up to 65 ◦C at some sites [204]. Thermal profiles have been measured in a large number of
waste-rock piles [204,226,271,272], often by means of instrumented boreholes [194]. Heat transfer
from reactive ‘hotspots’ in waste-rock piles is dominated by convective heat transfer, the basis of the
so-called ‘chimney effect’ [206,273] (Figure 3). Convection is the combination of conduction (heat
diffusion) and advection (bulk fluid flow); radiative transfer and viscous dissipation are typically
assumed negligible in waste rock. Natural convection arises from buoyancy forces in waste-rock piles
generated by oxidation reactions that produce heat and alter the density of the poregas (e.g., through
water vapor [206]). Temperature gradients caused by internal heating trigger upward convection
against the downward diffusive transport of oxygen into a waste-rock pile. Mass transfer estimates
and modeling studies have shown that convective heat and gas transfer can sustain high waste-rock
weathering rates [204,274]. The onset and strength of convective transport is determined by the
temperature gradient (local atmospheric temperature versus the spatial distribution of reactive waste
rock [236,273]) and waste-rock permeability. As a result, parameterization of heat transfer properties is
not straightforward [16] and effective heat transfer properties vary widely as a function of porewater
saturation and porosity [204,236,266,272]. Further work is required to relate heat transfer mechanisms
to waste-rock properties and pile construction methods, and thereby help quantify the contribution of
convection to overall weathering rates and ultimately drainage quality.

3.4. Physical Heterogeneity

Physical heterogeneity within waste-rock piles induces variations in their hydrogeological
properties (water, air, and heat transport). In-situ investigation of temperature, poregas composition,
moisture distribution, infiltration, and solute transport can help assess these heterogeneities on practical
scales [275–277], e.g., by mapping flow channeling or diversion along structural features such as
intermittent traffic surfaces or tipping benches. Recent improvements in our ability to measure in-situ
properties at increasing resolution have helped characterize heterogeneity for improved drainage
quality predictions and numerical models (Section 4.2).

Soil moisture sensing techniques have been recently reviewed [278]. Point measurement techniques
provide precise measurements of hydrogeological properties but are challenging to extrapolate to larger
areas because of the waste-rock heterogeneities. Previous work on the hydrogeological properties
of waste-rock piles have used point measurements of water content, for instance using time-domain
reflectometry (TDR) sensors [16,279,280], frequency-domain (FDR) sensors [281], and soil water
potential sensors [282,283], or by oven-drying discrete waste-rock samples taken at several depths in
boreholes [162,163]. Remote sensing techniques offer larger scales of investigation, but often at the
expense of lower resolutions that might be inadequate to discriminate the internal fine structure of
waste-rock piles. Nevertheless, electrical resistivity techniques (ERT; [275,281]), ground penetrating
radar (GPR; [284–286]), electromagnetic induction (EMI; [284,287]), fibre optic distributed temperature
sensing (FO-DTS; [288]), or oxygen/hydrogen isotopic signatures [162] have all been applied successfully
to investigate hydrogeological dynamics in waste-rock piles. In addition, basal lysimeters are often
used to record internal mixing and drainage at the bottom of waste-rock piles [115,280,282]. In addition
to direct sensing and measurement techniques, physical and geochemical heterogeneity in waste-rock
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piles may be reverse-engineered from truck movement and placement records [289]. Ideally, multiple
of the aforementioned methods are combined to gain a more comprehensive understanding of the
overall hydrogeological behavior of heterogeneous waste-rock piles.

3.5. Coupling Between Geochemical Reactions and Physical Transport

The overall waste-rock drainage from a composite, heterogeneous waste-rock pile often reflects
the mixed aggregate signal of individual reaction-infiltration pathways, each resulting from a sequence
of interacting processes. The drainage composition arising at each individual pathway results from
exposure to a usually wide range of physicochemical properties and the transport time of the infiltrating
fluid. Even with a perfect description of the spatial heterogeneity in relevant properties (Section 3.4),
prediction of such a fluid composition constitutes a challenging task, due to the coupled nature of the
physicochemical processes described above [16,290]. Figure 4 schematically illustrates the different
physical transport processes and geochemical reactions controlling waste-rock drainage quality and
quantity and how they interact.

 

Figure 4. Schematic illustration of major couplings and feedbacks between geochemical reactions and
physical transport processes. Solid arrow lines indicate interactions or a control-hierarchy between
different processes, with the width of the arrow being (qualitatively) proportional to the magnitude or
strength of the feedback. External controls include that of site meteorology on infiltration, temperature,
and gas pressure and that of site geology and communition method on waste-rock particle sizes, as
indicated by the asterisks.

A selection of these couplings has been previously investigated [16,205,266]. Many processes
and associated feedbacks operate virtually simultaneously. For instance, sulfide oxidation produces
acidity that induces carbonate and silicate weathering and secondary mineral precipitation, all of
which affect pH and the subsequent progress of oxidation [172]. Sulfide oxidation may undergo
orders-of-magnitude acceleration under acidifying conditions, due to a fractional-order rate dependence
on proton activity and due to increased oxidation by ferric ion. At the same time, sulfide oxidation
is an exothermic reaction: the reaction rates of sulfide oxidation may increase by several factors
between every 10 ◦C increase in temperature, as per Arrhenius’ relation [194]. Temperature also
impacts geochemical reactions rates through minor changes in equilibrium and gas solubility constants,
and fluid properties such as density and viscosity that can affect transport rates [266]. While some
couplings thus enforce controls on magnitudes of percentages or fractions at most, others impose
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orders-of-magnitude influences. The task at hand is to assess the strength of the coupling, and many
feedback mechanisms remain poorly quantified. One example is the cryo-hydrogeological feedback
between latent heat, gas, and fluid flow behavior and reaction rates: ice is approximately 3.8 times
more heat conductive than water at 0 ◦C and in cold climates, gas migration through partially frozen
waste-rock piles can maintain oxidation reactions and control freeze–thaw dynamics [257,258].

The intricately coupled processes in waste rock can exert both positive and negative feedbacks
towards poorer drainage quality (Figure 4). As detailed above, sulfide oxidation releases heat and
acidity, both of which accelerate oxidation (Equation (1)) and induce a convective supply of oxygen
that can accelerate oxidation (‘chimney effect’, Section 3.3). For such positive feedback loops, small
parameter variability can yield significant reinforcing perturbations in long-term predictions. In contrast,
drainage quality deterioration may also be lessened by negative feedbacks that decelerate the oxidation
process. For instance, waste-rock weathering rates can be lowered by mineral surface passivation
and pore clogging, a decreased microbial activity at elevated temperatures, or reduction of oxygen
replenishment by mass transport limitations [194]. Finally, while certain feedbacks operate directly or
on comparatively short time-scales (e.g., flow channeling and preferential flow), others can require
years to become relevant (e.g., progressive dissolution of reactive grain sizes [291,292] or secondary
mineral precipitation that affect reactive surface area [290,293] and porosity/permeability [266]).

Processes and their feedbacks can be accounted for in different layers of complexity. Firstly,
they are dependent on the molecular-scale to mineral-scale physical chemistry, i.e., passivation,
porosity, and grain size evolution. Secondly, large heterogeneous systems can display feedbacks that
are controlled by the large-scale structural make-up of the waste-rock pile (e.g., local oxygen content
and oxidation rates that vary with infiltrating precipitation fronts through compacted layers). The
scale of the studied system and according prediction model thus will determine which processes and
feedbacks need to be considered and parameterized.

4. Practical Waste-Rock Drainage Predictions

Prediction of drainage type, amount, and timing is required to reduce or prevent the potential
detrimental environmental impacts of waste-rock weathering [132]. Such prediction is typically
required already during mine planning/permitting stages, in which full-scale waste-rock storage
facilities do not yet exist. Drainage quality and quantity predictions for long-term planning need to
integrate a combination of geochemical and physical transport processes, while geochemistry and
mineralogy determine the occurrence, abundance, and reactivity of potential solutes and hydrogeology
determines their transport and mobility [51], and both are highly interconnected as discussed above.

The scope of investigation required to inform drainage predictions differs based on the cost-benefit
context or engineering problem at hand. For instance, static test results and mass-balance estimates
may suffice for shorter-term, smaller-scope problems (‘black box’ models), but long-term and full-size
water management strategies for entire mine sites require comprehensive data sets and/or coupled
reactive-transport models [13,294]. Experience is required to identify what data is needed for the
practical problem at hand and how prediction model outcomes can be interpreted or not (“all models
are wrong, some are useful” [295]). The development of mine waste-rock drainage models typically
includes baseline scenarios and multiple (conceptual) prediction models that are iteratively updated as
data becomes available during operation [296].

4.1. Scaling Phenomena

Direct extrapolation of waste-rock properties from small-scale and short-duration experiments
into long-term prediction models for full-size systems can lead to erroneous drainage quantity and
quality estimates because smaller-scale static tests of kinetic experiments do not reflect the complex
or variable weathering conditions in the field and extent of material heterogeneity encountered in
full-scale piles. In addition, many physicochemical processes have undetectable impacts below certain
spatiotemporal dimensions [297]: e.g., convection does not exist in humidity cell tests. So-called
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scaling factors have been proposed to facilitate the use of laboratory parameters onto practice-relevant
waste-rock systems [130,298], but these are often semi-empirical correction factors based on limited
mechanistic evidence and remain poorly verified across different mine sites.

Upscaling phenomena arise when small-scale processes are extrapolated onto larger scales over
orders-of-magnitude, without accounting for changes in continuity or heterogeneity in the studied
system. Upscaling of drainage predictions must therefore address the difference between micro- versus
macroscale parameters for kinetic or transport processes [299]: the task at hand is to identify which
processes undergo relevant scale transitions that are not captured by model parameters (e.g., the onset
of thermal convection or transitioning out of a uniform Darcian flow domain).

As discussed in Section 3.4, quantification of spatial heterogeneity in waste-rock piles is pertinent
for successful drainage predictions. However, the degree of system heterogeneity may increase
with its spatial dimensions [235], and further study (e.g., using variogram models) is required to
assess for which parameters and to which extent increasing heterogeneity causes scaling phenomena.
An opportunity to investigate scale transitions in waste-rock piles may be provided by dimensionless
numbers: quantities relating the spatiotemporal scales of physicochemical processes. Examples include
the Damköhler number (transport versus reaction timescales) and Rayleigh number (buoyancy-driven
flow; convection), which has been used to assess waste-rock weathering dynamics in piles of
various dimensions [206]. Future work on upscaling phenomena is required to improve drainage
prediction models.

4.2. Reactive-Transport Models (RTMs)

Reactive transport modelling can be used to quantify the physicochemical processes and
interactions between reactive fluids and engineered or geological porous media and has been applied
for coupled geochemical and transport phenomena from the micrometer scale to the watershed
scale [290,300]. In contrast to the geochemical (aqueous-phase) equilibrium models described above
(Section 2.4.1), reactive-transport models (RTMs) are based on mass and energy conservation relations
and process-based equations that describe transport (hydraulic advection and dispersion, diffusion,
convection) as well as chemical reactions across solids, liquids, and gases [135,231,266,301]. As such,
RTMs can account for time-discretized mass and heat transport as well as surface complexation,
liquid-gas partitioning, mineral dissolution and precipitation reactions and various biogeochemical
reactions [290,292]. Reactive-transport models have been widely deployed for the investigation
of waste-rock weathering processes [135,203,296,302] and environmental impact assessment of
(abandoned) mines [303], using codes like MIN3P [304], PHREEQC [305], Hytec [306], Geochemist’s
Workbench [136], Toughreact [307], Crunchflow, or PFlotran [308].

Due to a typically modular approach, RTMs allow for the incremental inclusion of processes
and their interactions [290] and constitute powerful investigative tools. They offer the possibility
to quantitatively assess the relevance of certain processes through sensitivity analyses and can be
used to investigate the effects of potential engineering solutions to mitigate risks associated to poor
drainage quality, such as co-disposal techniques [235] and fluid control layers or covers [135,231,309].
While the versatility of RTMs may be their prime advantage, it also constitutes a limitation:
the choice and parametrization of the considered processes. An immediate drawback is that multiple
descriptions or solutions of a problem can yield the same drainage composition, which is referred to as
non-uniqueness [310]. Setting-up an RTM requires modelling choices, ranging from the selection of
relevant processes (heat generation, phase-changes, permeability evolution), solid phases, and their
reactive properties (kinetic reactions) to the physical description (flow behavior, physical heterogeneity).
While the challenge of such selections increases with the scale of the studied problem, the description
of individual subcomponents alone can be difficult (e.g., the initial waste-rock mineralogy can
consist of multiple (amorphous) phases present at levels below analytical detection limits for which
thermodynamic or kinetic data is unavailable). In addition, RTMs often rely on mathematical
equations for physical or chemical processes that simplify potential feedbacks or aggregate unresolved
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heterogeneity (e.g., through adoption of bulk-averaged parameters) [297]. For instance, the dependence
of modelled waste-rock hydraulics on measurable parameters (e.g., matric suction) is often modeled
with Van Genuchten relations [250,311,312], which are dependent on particle size [313] and therefore
prone to change over time.

With increasing computational power and availability of big data, it has become possible
to represent large-scale pile dynamics with stochastic [234,235] or (fully-) coupled process-based
RTMs [227,301]. Emerging applications for mine waste-rock systems include dual-continuum
approaches [230]. In contrast, relatively few applications of reactive-transport models with
fully-coupled thermo-hydro-chemical descriptions (e.g., thermally-driven gas migration) have
been performed on large heterogeneous 3D waste-rock systems. A primary challenge in
reactive-transport drainage prediction models is not only to identify the processes that are relevant
in the studied waste-rock domain, but also to accurately parametrize them: more advanced
models for large heterogeneous piles are inherently more difficult to experimentally parametrize.
Mechanistic reactive-transport models can be parameterized practically through synoptic sampling
(e.g., tracer-tests [51]), and they have the potential to inform practical optimization of the design
and management or waste-rock piles, or the mitigation of poor drainage quality. While RTMs
have proven crucial to assess process-relevance and waste-rock weathering dynamics under various
conditions [231], their development and verification is also laborious. In order to justify and establish
their use for practical predictive purposes and management decision-making, it is critical that the
relative sensitivities of the model inputs and outputs are translated into actual design parameters.

5. Concluding Remarks

In this review, we discussed critical hydrogeochemical processes affecting the weathering of
mine waste rock and its potential environmental impacts. Geochemical and mineralogical reactions,
in addition to water, air, and heat transport, are all of key importance in determining waste-rock
weathering rates and thus drainage quality as well as quantity. The research reviewed here has been
instrumental in providing an understanding of the controls on these individual physicochemical
processes, as well as their coupling. Studying the mobility of mine waste pollutants and the underlying
mechanisms from the micro- to the macroscale remains important, as expanding mining operations
around the world pose increasing potential environmental risks: forward-thinking in the design of
long-term dumps that could pose potential leachate quality problems is critical. An improved and
quantitative understanding of the factors controlling mine waste-rock drainage dynamics, paired with
a growing ability to map in-situ heterogeneity in full-scale systems and the power to harness large-scale,
high-resolution data in practical models, will allow engineers and practitioners to develop more robust
prediction models and sustainable management decisions. Continuing research can facilitate optimized
waste management and thereby prevent waste-rock related environmental deterioration in the future.
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Abstract: Acid mine drainage (AMD), characterized by a high concentration of heavy metals, poses
a threat to the ecosystem and human health. Bioelectrochemical system (BES) is a promising
technology for the simultaneous treatment of organic wastewater and recovery of metal ions
from AMD. Different kinds of organic wastewater usually contain different predominant organic
chemicals. However, the effect of different energy substrates on AMD treatment and microbial
communities of BES remains largely unknown. Here, results showed that different energy
substrates (such as glucose, acetate, ethanol, or lactate) affected the startup, maximum voltage
output, power density, coulombic efficiency, and microbial communities of the microbial fuel cell
(MFC). Compared with the maximum voltage output (55 mV) obtained by glucose-fed-MFC, much
higher maximum voltage output (187 to 212 mV) was achieved by MFCs fed individually with
other energy substrates. Acetate-fed-MFC showed the highest power density (195.07 mW/m2),
followed by lactate (98.63 mW/m2), ethanol (52.02 mW/m2), and glucose (3.23 mW/m2). Microbial
community analysis indicated that the microbial communities of anodic electroactive biofilms changed
with different energy substrates. The unclassified_f_Enterobacteriaceae (87.48%) was predominant in
glucose-fed-MFC, while Geobacter species only accounted for 0.63%. The genera of Methanobrevibacter
(23.70%), Burkholderia-Paraburkholderia (23.47%), and Geobacter (11.90%) were the major genera enriched
in the ethanol-fed-MFC. Geobacter was most predominant in MFC enriched by lactate (45.28%) or
acetate (49.72%). Results showed that the abundance of exoelectrogens Geobacter species correlated to
electricity-generation capacities of electroactive biofilms. Electroactive biofilms enriched with acetate,
lactate, or ethanol effectively recovered all Cu2+ ion (349 mg/L) of simulated AMD in a cathodic
chamber within 53 h by reduction as Cu0 on the cathode. However, only 34.65% of the total Cu2+

ion was removed in glucose-fed-MFC by precipitation with anions and cations rather than Cu0 on
the cathode.
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1. Introduction

Acid mine drainage (AMD) is one typical pollutant of water in many countries that have historic or
current mining activities. Sulfide minerals present in mining wastes (e.g., open pits, mining waste rock,
and tailings) are inevitably oxidized to form AMD when exposed to water, air, and chemolithotrophic
acidophiles [1–3]. AMD is characterized by a high acidity and high concentration of toxic heavy
metals/metalloids [2]. Thus, if it is not managed properly, AMD can undoubtedly cause considerable
water and soil contamination, massive biodiversity loss in the aquatic ecosystem, and severe health
impacts on nearby communities [4]. In order to achieve the long-term environmental sustainability
regarding mining activities, effective and efficient technologies that can tackle the remediation of AMD
are highly required.

Alkaline neutralizing chemicals, such as limestone and slaked lime, are conventionally adopted
to treat AMD by decreasing the extreme acidity and precipitating the dissolved various poisonous
metals/metalloids as hydroxides [5]. Despite effective remediation, the large volumes of sludges
resulted from precipitation containing heavy metals/metalloids, which are categorized as hazardous
materials and need further safe disposal. Other active and passive remediation technologies, such
as bioremediation, phytoremediation, electrodialysis, wetlands, and adsorption, are also commonly
used to treat AMD [4]. However, all those technologies have the drawbacks of either low remediation
efficiency or high cost. Besides, some of those technologies generally produce new wastes (e.g., sludge,
brines, and spent media), which require further treatment.

In fact, the high concentration of dissolved metals in AMD can be recovered by the
bioelectrochemical system (BES) as valuable products to offset the cost of treatment. Therefore, the
bioelectrochemical system is a promising technology for the treatment of AMD. The bioelectrochemical
system is a special biological treatment process of sewage wastewater, which mainly utilizes the catalytic
activity of electroactive microorganisms [6]. Under anaerobic conditions, electroactive microorganisms
degrade organic pollutants and transmit electrons through external circuits to generate electricity [7].
As a new form of biomass energy utilization and pollutant removal, bioelectrochemical systems have
received extensive attention due to their non-polluting characteristics [8,9]. Compared with a single
strain, the electrogenic microbial consortium has many more advantages, such as higher electricity
generation efficiency, a wider range of organic substrate, and higher coulombic efficiency [10,11].
Therefore, the enrichment and acclimation of electrogenic microbial consortium from environmental
samples is a conventional and effective way to increase the power density of bioelectrochemical systems.
Previous studies have shown that different energy substrates used to enrich electrogenic consortium
can modulate the microbial community of electroactive biofilms [12,13]. However, studies focusing on
the effects of typical energy substrates on the capacities of AMD treatment and microbial communities
of BES are not available.

The purposes of this study were to compare the impacts of four typical energy substrates on
the performance, microbial communities, and capacities of AMD treatment of enriched electroactive
biofilms. Here, single-chamber microbial fuel cells were inoculated with anaerobic sludge and fed
with glucose, acetate, ethanol, or lactate, respectively, as energy substrates to enrich electroactive
biofilms. The performance of enriched electroactive biofilms was evaluated after the maximum voltage
output was reached. The microbial communities of enriched electroactive biofilms were analyzed
by high throughput sequence technology. The AMD treatment capacities of enriched electroactive
biofilms were evaluated in dual-chamber microbial fuel cells. In addition, the mechanism for copper
removal on the surface of the cathode was explored. These results indicated that the effects of organic
chemical (that is usually contained in organic wastewater) on the enrichment of electroactive biofilm
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should be first evaluated in order to obtain an efficiently simultaneous treatment of organic wastewater
and AMD.

2. Materials and Methods

2.1. The Configuration of Microbial Fuel Cell (MFC) Reactors

A single-chamber MFC reactor was adopted to enrich electroactive biofilms (Figure 1A).
The cube-shaped single-chamber MFC reactor with a cylindrical chamber (3 cm diameter × 4 cm length)
was made of Perspex. Each MFC reactor (with a working volume 28 mL) consisted of a carbon brush
(1.5 cm in radius × 3 cm in length) as anode and a carbon cloth with disk shape (projected surface area
of 7.07 cm2) as a cathode. To save cost, the expensive Pt catalyst usually used to coat cathode was not
adopted in this study [14]. The anode and cathode were connected by an external resistance of 1000 Ω

by titanium wire. In order to remove contaminants on the surface, both carbon brush and carbon cloth
were soaked overnight in acetone, followed by washing with distilled water and baked in a muffle
furnace at 450 ◦C for 30 min. The dual-chamber MFC reactor was adopted to treat the simulated acid
mine drainage (Figure 1B). The dual-chamber MFC reactor consisted of an anode chamber (28 mL) and
a cathode chamber (15 mL). The anodes enriched in these single-chamber MFCs were then used in the
double-chamber MFC. The two chambers were separated by an anion exchange membrane (Hangzhou
Grion Environmental Technology, Co., Ltd, Hangzhou, China). The cathode and the electroactive
anode of the dual-chamber MFC reactor were connected by an external resistance of 10 Ω. The cathode
of the dual-chamber MFC reactor was made of carbon cloth with a rectangle shape (2.5 cm in length ×
0.9 cm in width) immersed in simulated AMD.

1000 Ω by titanium wire. In order to remove contaminants on 

resistance of 10 Ω. The cathode of 

 

μL/L) and Wolfe’s vitamins (0.5 mL/L) 

Figure 1. The single-chamber (A) and double-chamber (B) microbial fuel cell (MFC) reactors.

2.2. Startup and Operation of MFC

The single-chamber MFCs were inoculated with anaerobic sludge obtained from a municipal
wastewater treatment plant. Abiotic single-chamber MFCs without the inoculum of anaerobic sludge
were set up. Duplicate single-chamber MFC reactors were set up for each energy substrate. The medium
used to enrich electroactive biofilms contained 20 mM energy substrate (glucose, acetate, ethanol, or
lactate, respectively), trace element solution (100 µL/L), and Wolfe’s vitamins (0.5 mL/L) in 50 mM
phosphate buffer (4.56 g/L, Na2HPO4; 2.45 g/L, NaH2PO4; 0.31 g/L, NH4Cl; 0.13 g/L, KCl; 0.02 g/L,
CaCl2), as modified from previous study [15]. The trace element solution contained the following
chemicals per liter: 3.00 g MgSO4, 0.25 g FeSO4·7H2O, 0.15 g ZnCl2, 0.60 g MnSO4·H2O, 0.01 g
H3BO3, 0.01 g CuSO4·2H2O, 0.03 g NiCl2·6H2O, 0.03 g Na2MoO4, 0.20 g CoCl2, 0.03 g Na2WO4·2H2O,
and 0.15g KAl(SO4)2·12H2O. All the chemicals used in this study were analytic pure (Sinopharm
Chemical Reagent Co., Ltd, Shanghai, China). These MFCs were operated in a fed-batch mode in a
temperature-controlled incubator (30 ◦C). The medium was replaced once the output voltage of MFC
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declined below 20 mV. The medium used to maintain the growth of enriched bioelectroactive biofilms
in the anode chamber of these dual-chamber MFCs was identical with that used for the single-chamber
MFCs. The cathode chamber was fed with the simulated AMD that was diluted from the leachate
of chalcopyrite bioleaching with acid water (pH 1.80) [16]. The simulated AMD mainly contained
348.87 mg/L Cu2+, 45.06 mg/L Fe3+, and 7.03 mg/L Fe2+ with a pH value of 1.80. The Cu2+ and Fe3+

could be served as terminal electron acceptors. Abiotic double-chamber MFCs without the enriched
electroactive biofilm were set up. Duplicate double-chamber MFC reactors containing the electroactive
biofilms enriched with each of these different energy substrates were set up to treat the simulated AMD.

2.3. Analysis and Calculations

The voltage across the 1000 Ω external resistance of single-chamber MFCs was recorded every
50 s by the data acquisition unit (ADAM-4017 Analog Input Model, Advantech Co., Ltd, Shenzhen,
China) connected to the computer. The power density and polarization curve of single-chamber
MFCs were analyzed and calculated, as described in a previous study [17]. The power density was
normalized to the geometrical surface area of the anode. Coulombic efficiency of single-chamber
MFCs was calculated according to a previous study [18]. Electrochemical impedance spectroscopy
(EIS) was applied to determine the internal resistance of these single-chamber MFCs enriched with
different energy substrates using a potentiostat (Gamry reference 600+ workstation, Philadelphia,
Pennsylvania, USA). The EIS measurements were conducted using a three-electrode configuration,
with a saturated Ag/AgCl reference electrode and the anode serving as the working electrode and
the cathode as the counter electrode. For each experimental condition, the EIS measurement was
conducted in the frequency range from 1000 kHz to 0.01 Hz with an AC amplitude of 5 mV and
analyzed by the software of Zview. The concentration of Fe2+ and Fe3+ in the cathode chamber was
determined using the phenanthroline method [19]. The concentration of Cu2+ was quantified with
bis-cyclohexanone oxalyldihydrazone (BCO) [20]. The pH value of catholyte was measured with a
pH-meter (SJ-4A, Leichi, Shanghai, China).

Scanning electron micrograph (SEM, JSM-6490LV, JEOL, Tokyo, Japan) was adopted to observe
the enriched electroactive biofilms and the structure of cathode surfaces. The energy dispersive
X-ray spectrometry (EDXS; Elect super, EDAX AMETEK, Kleve, Germany) equipped for SEM was
used to examine the morphologies and compositions of the deposits on cathode electrodes after the
treatment of AMD. The products deposited on the cathode electrode were determined by the X-ray
powder diffraction (XRD) (D8 Advance, Bruker Corporation, Karlsruhe, Germany), in which data were
recorded in the 2θ range of 10 to 80 degree with a step of 0.02 degree.

2.4. Genomic DNA Extraction and MiSeq Sequencing of Bioelectroactive Biofilms

The electroactive biofilms enriched with different energy substrates in MFCs with stable
output voltages were sampled to extract the total genomic DNA by the DNeasy PowerSoil
DNA Isolation Kit (QIAGEN, Chatsworth, CA, USA). Illumina adapter sequence, together
with the universal primer pair 515FmodF (5’-GTGYCAGCMGCCGCGGTAA-3’) and 806RmodR
(5’-GGACTACNVGGGTWTCTAAT-3’), were used to amplify the V4 region of the bacterial and
archaeal 16S rDNA genes. PCR amplification was performed on Applied Biosystems GeneAmp® 9700
thermal cycler (ABI Inc., Foster City, CA, USA). PCR system (25 µL) consisted of 1 µL of template
DNA, 1 µL (10 nM) of each primer, 9.5 µL of DNase-free deionized water, and 12.5 µL of 2× Taq PCR
Master Mix (TransGen, Beijing, China). Triplicate amplifications for each genomic DNA sample were
amplified and blended to minimize potential biases of amplification, which were separated by agarose
gel electrophoresis (2%, w/v) and recovered using AxyPrep DNA gel extraction kit (Axygen Scientific
Inc., Union City, CA, USA). The concentration of the recovered PCR products was measured using
QuantiFluor™-ST Fluorometer (Promega Corporation, Madison, WI, USA). Sequencing libraries were
prepared and sequenced by the Illumina MiSeq platform with the sequencing strategy PE250 (Shanghai
Majorbio Bio-pharm Technology Co., Ltd, Shanghai, China).
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The raw data of 16S rRNA gene sequences from MiSeq sequencing was in FASTQ format.
The Illumina adapter and other specific sequences were trimmed before the following process. Then,
the pair-end reads with at least 10 bp overlap, and lower than 5% mismatches were merged using
the Fast Length Adjustment of SHort reads (FLASH) software [21]. The sequences shorter than
240 bp, chimeric sequences, and low-quality sequences were filtered, trimmed, and removed [22].
Operational taxonomic units (OTUs) were obtained based on the threshold of 97% similarity by using
UPARSE [23]. The taxonomy of OTU representative sequences was phylogenetically assigned to
taxonomic classifications by the Ribosomal Database Project (RDP) classifier at the threshold of 70% for
confidence based on the Bayesian algorithm [24]. Community richness, Ace and Shannon indices, and
Chao1 richness estimates were obtained by MOTHUR analysis [25].

3. Results and Discussion

3.1. Effect of Different Energy Substrates on Single Chamber MFC Performance

Different energy substrates (i.e., glucose, acetate, ethanol, or lactate) affected the startup, maximum
voltage output, power density, and coulombic efficiency of single-chamber microbial fuel cells (Figure 2).
The output voltage of the MFCs enriched with lactate as an energy substrate began to be detectable only
40 h after the inoculation with anaerobic sludge (Figure 2A). However, in order to generate a detectable
output voltage, 120, 210, or 220 h was required, respectively, for the MFCs enriched with ethanol, acetate,
or glucose. Compared with the maximum voltage output (55 mV) obtained by glucose-fed-MFC, much
higher maximum voltage output (187 to 212mV) was achieved by MFCs fed individually with the
other three energy substrates. Around 400 h after the initial inoculation, the output voltage of each
MFC reached the maximum. Thereafter, the output voltage could rapidly increase to the maximum
value immediately after the removal of planktonic microorganisms by replenishing with growth
medium containing each energy substrate (Figure 2A). This rapid recovery of maximum output voltage
indicated that the current was mainly generated by the sessile microorganisms on the surface of the
anode. Acetate-fed-MFC showed the highest power density (195.07 mW/m2), followed by lactate
(98.63 mW/m2), ethanol (52.02 mW/m2), and glucose (3.23 mW/m2) (Figure 2B). As indicated by the
polarization test, the output voltage of acetate-fed-MFC was much higher than those of other MFCs at
different external resistance (Figure 2C). On the contrary, the output voltage of glucose-fed-MFC was
the lowest (Figure 2C). Coulombic efficiencies of these MFCs were dependent on the energy substrates.
The MFCs enriched with lactate had the highest coulombic efficiency (33.34%), followed by the MFCs
enriched with ethanol (14.30%), acetate (12.53%), and glucose (1.98%). The lowest coulombic efficiency
obtained by the glucose-fed-MFCs was consistent with the previous studies because the glucose is
a fermentable substrate that can be utilized by diverse microorganisms besides the exoelectrogens
enriched in the electroactive biofilms under the anaerobic condition [12,26].

The ohmic resistance and charge transfer resistances of these MFCs were obtained by
electrochemical impedance spectroscopy (EIS) (Figure 3). As described in the previous study, the
impedance at the high-frequency limit is the ohmic resistance, and the diameter of the semicircle is the
charge transfer resistance [27]. The ohmic resistance of MFC containing the bioelectroactive biofilms
enriched with glucose was 19.55 Ω. However, the MFCs containing the bioelectroactive biofilms
enriched with acetate (2.81 Ω), lactate (3.39 Ω), and ethanol (5.31 Ω) had much lower ohmic resistance
(Figure 3). The charge transfer resistances of the MFCs containing different bioelectroactive biofilms
were also dependent on the energy substrate used for enrichment. The charge transfer resistances of the
MFCs containing different bioelectroactive biofilms enriched with glucose, acetate, ethanol, and lactate
were 33.67 Ω, 7.39 Ω, 15.00 Ω, and 15.38 Ω, respectively. Discrepancy regarding startup, maximum
voltage output, power density, coulombic efficiency, and charge transfer resistances of single-chamber
MFCs enriched with different energy substrate implied that the electroactive biofilms enriched on the
surface of anode were different in terms of the microbial community.
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Figure 2. The output voltage (A), power density (B), and polarization curve (C) of MFCs containing
bioelectroactive biofilms enriched with different energy substrates.

 

Figure 3. Electrochemical impedance spectroscopy (EIS) analysis of the MFCs containing the
bioelectroactive biofilms enriched with different energy substrates.

3.2. Microbial Community of Anodic Bioelectroactive Biofilms

In contrast to the abiotic control, electroactive biofilms were enriched on the surface of the
anode of MFCs when they reached the maximum output voltage, as revealed by SEM analysis
(Figure 4). The existence of electroactive biofilms on the surface of anode demonstrated the importance
of electroactive biofilms for the generation of electricity. These electroactive biofilms consisted of
microorganisms with different cell morphologies. This indicated the diversity of electroactive biofilm
regarding the microbial community.
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Figure 4. SEM of the bioelectroactive biofilms enriched with different energy substrates. (A: abiotic
control; B: glucose; C: acetate; D: ethanol; E: lactate).

In order to investigate the microbial community of electroactive biofilms enriched by different
energy substrates (i.e., glucose, acetate, ethanol, or lactate), approximately 32,430 to 97,701 high-quality
sequencing reads were obtained from each sample (Table 1). A total number of 710 OTU was detected
in the inoculated anaerobic sludge (Figure 5). During the enrichment of the bioelectroactive biofilms
process, there was a succession of microorganisms at the OTU level. After MFCs reached the stable
maximum output voltage, there were 590,482,286 and 205 OTUs in the bioelectroactive biofilms
enriched by acetate, lactate, ethanol, and glucose, respectively (Figure 5). Both the microbial abundance
and microbial diversity of these electroactive biofilms enriched by different energy substrates were less
than that of the inoculated anaerobic sludge, as indicated by the Shannon index and Simpson index
listed in Table 1. These data indicated that the microbial abundance and microbial diversity of these
electroactive biofilms were dependent on the energy substrate.

Table 1. The α-diversity of enriched bioelectroactive biofilms.

Sample Reads Sobs Shannon Simpson Ace Chao Coverage

Inoculum 40818 710 5.2069 0.0138 732.31 735.02 0.9988
Glucose 97701 205 0.7931 0.7633 363.79 347.38 0.9993
Acetate 45985 590 2.9848 0.2534 670.25 672.18 0.9975
Ethanol 43875 286 2.7412 0.1233 428.09 371.00 0.9981
Lactate 32430 482 2.9694 0.2130 589.26 586.79 0.9963

The most dominant phyla were Proteobacteria, Bacteroidetes, and Saccharibacteria in the inoculated
anaerobic sludge (Figure 6). Both Proteobacteria and Bacteroidetes remained as the dominant phyla in
these enriched electroactive biofilms. The proportion of Proteobacteria increased significantly, while the
proportion of Bacteroidetes decreased remarkably in these electroactive biofilms (Figure 6A). Firmicutes
was enriched as one of the dominant phyla in these electroactive biofilms. It was worth mentioning
that Euryarchaeota was enriched in these electroactive biofilms, especially in the electroactive biofilms
fed with ethanol as an energy substrate.
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Figure 5. The number (A) and Venn diagram analysis (B) of the operational taxonomic unit (OTU) of
these bioelectroactive biofilms enriched with different energy substrates.

Figure 6. Microbial community of the bioelectroactive biofilms enriched with different energy substrates
at phylum (A), class (B), and genus (C) levels.

The major classes in the electroactive biofilms were different from that of the anaerobic sludge
(Figure 6B). Gammaproteobacteria, Deltaproteobacteria, and Betaproteobacteria were the three major classes
within the inoculated anaerobic sludge and the electroactive biofilms enriched, respectively, with acetate,
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ethanol, or lactate. However, only Gammaproteobacteria constituted as the major class of the electroactive
biofilms enriched with glucose (87.70%). Sphingobacteriia (25.48%) and norank_p_Saccharibacteria (7.66%)
were two major classes that existed in the inoculated anaerobic sludge, both of which were shifted as
minor constituents in these electroactive biofilms.

The major genera in anodic electroactive biofilms were modulated by energy substrates
(Figure 6C). The unclassified_f_Enterobacteriaceae (87.48%) was predominant in the glucose-fed-MFC,
while Geobacter species only accounted for 0.63%. The genera of Methanobrevibacter (23.70%),
Burkholderia-Paraburkholderia (23.47%), and Geobacter (11.90%) were the major genera enriched in
the ethanol-fed-MFC. Geobacter was most predominant in the MFC enriched by lactate (45.28%) or
acetate (49.72%), which corroborated with a previous study [28]. Results showed that the abundance of
classic exoelectrogens Geobacter species correlated to the electricity-generation capacities of electroactive
biofilms. It is worth mentioning that the Euryarchaeota was enriched in these electroactive biofilms,
especially in the electroactive biofilms fed with ethanol as an energy substrate (Table 2). Recent studies
have shown that quorum sensing (QS) plays an important role in shaping the dynamics of microbial
community structure and enhancing the electron transfer process in the anodic electroactive biofilms
of MFCs [29,30].

Table 2. The ratio of archaea species in the bioelectroactive biofilms enriched with different
energy substrates.

Archaeal Genus
Percentage in Anode Biofilm (%)

Inoculum Glucose Acetate Ethanol Lactate

Methanobacterium 0 0.01 0 0.04 0.15
Methanobrevibacter 0 1.82 0 23.70 5.23
Methanosaeta 0 0 0.02 0 0.05
Methanosarcina 0 0 0.19 0 0
Methanomassiliicoccus 0 0 0.25 0 0.02

The expression of functional genes in either single strain or microbial consortium has been
altered by various physicochemical parameters [16,31,32]. Therefore, it is necessary to identify and
compare the important genes involved in the electron transfer for electricity generation of these
electrochemical biofilms in MFCs by comparative metagenomic and transcriptomic analyses in the
future. The extracellular polymeric substances (EPS) are important for the functional roles of single
strain and consortium [30,33,34]. The EPS of electroactive biofilm contains proteins, glycoproteins,
extracellular DNA, glycolipids, and humic substances [30]. Previous studies have shown that
cytochrome proteins, pili, and nanowire in EPS are directly involved in electron transfer [30,35].
Characterization of the compositions and redox properties of the EPS of these enriched electrochemical
biofilms will provide novel insights into the functional role of EPS in mediating electron transfer.

3.3. Contribution of Electroactive Biofilms on Anolyte’s Chemical Oxygen Demand Removal and Catholyte’s
Copper Recovery

Different ratio of chemical oxygen demand (COD) was depleted in the anodic chamber for the
electroactive biofilms enriched by glucose (51.32%), acetate (82.00%), ethanol (72.49%), or lactate
(35.95%), respectively, in 53 h after replenishing with fresh growth medium for copper recovery in
dual-chamber MFCs (Figure 7A). A high concentration of COD (1909 mg/L) was removed in the anolyte
of MFC fed with glucose as an energy substrate. Considering the lowest electricity production in each
batch, most of the COD removed in the anolyte of glucose-fed-MFC was ascribed to the anaerobic
growth by non-electrogenic microorganisms. It is worth mentioning that the number of planktonic
microorganisms in MFC fed with glucose was much higher than those in the MFCs fed with other
energy substrates.
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Figure 7. The changes in chemical oxygen demand (COD) in anode chamber (A), and cupric ion
(B), ferric iron (C), ferrous iron (D), and pH value (E) of cathode chamber of the MFCs containing
electroactive biofilms enriched with different energy substrates.

The dual-chamber MFCs containing the electroactive biofilms enriched with acetate, ethanol,
or lactate, respectively, could effectively recover copper from the acid mine drainage (Figure 7B).
The copper in the catholyte of these MFCs decreased significantly after the initiation of the treatment
of AMD. At the 39th h, no detectable copper ion was found in catholyte of MFCs containing the
electroactive biofilms enriched with acetate or lactate. At the 43rd h, the copper ion in the catholyte of
MFC containing the electroactive biofilms fed by ethanol was also completely recovered. However,
the dual-chamber MFC containing electroactive biofilms enriched with glucose was deficient in the
recovery of copper (Figure 7B). Only part of the copper ion (34.65%) was removed at the 53rd h, with a
high concentration of Cu2+ (228.00 mg/L) remaining in the catholyte. The high concentration of Cu2+

(310 mg/L) remained in the catholyte of abiotic control at the end of this experiment. Iron ions in the
stimulated AMD were mainly Fe3+ (Figure 7C,D). The decrease of Fe3+ concentration in the catholyte
of MFCs containing electroactive biofilms was partially ascribed to the bioelectrochemical reduction at
the cathode to Fe2+ (Figure 7D). The decrease of iron ions in the catholyte of abiotic control probably
resulted from the elevated pH value (Figure 7E). The pH values in catholyte of all these MFCs with
electroactive biofilms were increased during the treatment of AMD. The increase in pH value was

52



Minerals 2020, 10, 443

likely ascribed to the diffusion of anions from the anolyte across the anion exchange member and
reacted with the protons in the catholyte. Therefore, the decrease of iron ions in the catholyte of MFCs
with electroactive biofilms was also affected by the increased pH values.

3.4. Morphologies of Electrode and XRD Analysis

The color of cathodes of dual-chamber MFCs containing the electroactive biofilms enriched with
acetate, ethanol, or lactate, respectively, turned from black to brown after 53 h of treatment of AMD
(Figure 8). This phenomenon indicated the bioelectrochemical reduction of copper on the surface of
the cathode. However, the color of the cathode of abiotic control and MFCs containing electroactive
biofilms fed with glucose remained as black (Figure 8).

–

Figure 8. The cathodes of the MFCs after the treatment of simulated AMD. (1: abiotic; 2: glucose; 3:
acetate; 4: ethanol; 5: lactate).

In order to better understand the copper recovery mechanism, the cathodes of dual-chamber
MFCs after the treatment of AMD for 53 h were analyzed with SEM and XRD. The SEM micrographs
of cathode surfaces of these MFCs containing the electroactive biofilms enriched with acetate, ethanol,
or lactate were similar in terms of structure and morphology, which were different from that of the
cathodes of abiotic control and the glucose-fed-MFCs (Figure 9). No deposit was observed on the
cathodic surface of abiotic MFCs, which was further confirmed by the EDS analysis (Figure 9A).
There were many thin segregates on the surface of cathodes of glucose-fed MFCs. Further, EDS analysis
of the composition of these segregates clearly showed the characteristic peaks of Cu signals at 0.98, 8.06,
and 8.87 KeVs, which confirmed the formation of Cu products (Figure 9B). Besides the Cu, many other
elements (i.e., P, S, Cl, Na and Ca) were detected as compared with the surface of cathodes of abiotic
control MFCs. This indicated that part of the cupric ion was precipitated with other anions and cations
on the surface of the cathode, which was not observed in previous studies. The EDS analysis showed
that the deposits on the cathodic surface of MFCs containing the electroactive biofilms enriched with
acetate, ethanol, or lactate mainly contained the element of Cu (Figure 9C–E).

The XRD patterns of the cathodic surface of MFCs containing the electroactive biofilms enriched
with acetate, ethanol, or lactate clearly demonstrated the metal copper (Cu0) with characteristic peaks
at 43.3, 50.4, and 74.1 degrees in 2-Theta (Figure 10). However, these characteristic peaks for metal
copper (Cu0) were absent for the cathode from the abiotic control MFCs and the MFCs fed with
glucose. This further indicated that no copper was deposited on the cathodic surface of these MFCs.
The decrease of copper in the catholyte of the abiotic control MFCs and the MFCs fed with glucose was
probably ascribed to the precipitation with other anions or cations.
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▼

Figure 9. SEM pictures and EDS analysis of the cathodes of MFCs after the treatment of simulated
AMD. (A: abiotic; B: glucose; C: acetate; D: ethanol; E: lactate).

▼Figure 10. XRD analysis of the cathodes of MFCs after the treatment of simulated AMD (Hindicates
characteristic peaks of Cu0).

3.5. Comparison of this Study with Previous Studies

The organic wastewater (individually simulated by four typical pure chemicals) and simulated
AMD were simultaneously treated in dual-chamber MFCs in this study. The effect of different
energy substrates on anodic electroactive biofilms enrichment, bioelectrochemical activity, microbial
communities, and AMD treatment was compared. For the scale-up of the BESs to treat the real
industrial AMD in mining sites, these pure organic chemicals should be replaced by the real organic
wastewater available near the pollution site in order to greatly reduce the costs. Different sources
of real organic wastewater usually contain different predominant organic chemicals (such as these
typical chemicals used in this study). Therefore, it is necessary to evaluate the effects of different energy
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substrates on anodic electroactive biofilms enrichment (both bioelectrochemical activity and microbial
communities) and AMD treatment.

It is a fact that various organics (either pure chemical or real organic wastewater) have been
studied as an energy substrate for MFCs [36]. However, only some studies have focused on the
comparison of the electrochemical performance of MFCs enriched with different organic substrates
(Table 3). On comparing our study with these studies, we found out the following differences: (1).
The organic substrates used were generally different in other studies; (2). The microbial community
structure of the anodic electroactive biofilms enriched with different energy substrates was studied
with high throughput sequencing technique in this study. However, two other studies analyzed the
anodic electroactive biofilms with traditional culture-dependent technique or denaturing gradient gel
electrophoresis (DGGE) [12,37]. In addition, simultaneous treatment of different organic wastewater
and simulated AMD was analyzed in this study.

MFCs have been adopted to recover some heavy metals from wastewater [38,39]. In order to be
consistent with the target heavy metal in our study, the studies that focused on treatment with Cu2+

were selected and compared (Table 3). On comparing our study with these studies, we found out the
following differences: (1). Only a single energy substrate was used in these studies; (2). The microbial
community structures of the anodic electroactive biofilm in these studies were scarcely studied. There
is a study that analyzed the microbial community structure of the anodic electroactive biofilm under
the stress of different concentrations of Cu2+ in municipal wastewater in single-chamber MFC [14].
However, the simulated AMD was treated in the cathode chamber, while the electroactive biofilm was
in the anode chamber in this study (two chambers were separated by an anion exchange membrane).
Therefore, the stress of the electroactive biofilm should be negligible. Collectively, results obtained in
this study are insightful for the enrichment of electroactive biofilms for AMD treatment.

Table 3. Comparison of this study with other related studies.

Energy Substrates

Research Focuses Reference

Microbial Community of Anodic Biofilm
Wastewater

(Containing Cu2+)

acetate, lactate, ethanol, glucose Yes, high throughput sequencing technique. Yes This study
acetate, butyrate, propionate, glucose Yes, using the culture-dependent technique. No [12]

acetate, ethanol, glucose No No [40]

acetate, butyrate, glucose Yes, using denaturing gradient gel
electrophoresis. No [37]

glucose, methanol, propyl alcohol Yes, high throughput sequencing technique. No [13]
acetate, glucose, starch, dextran,

butyrate No No [41]

glucose, lactose, cheese No No [42]
glucose, acetate, xylose No No [43]

acetate No Yes [44]
acetate No Yes [45]
glucose No Yes [46]
acetate No Yes [47]
acetate No Yes [48]
acetate No Yes [17]
acetate No Yes [49]
acetate No Yes [50]
acetate No Yes [51]

acetate
Yes, high throughput sequencing technique;

anodic biofilm was directly exposed
to Cu2+.

Yes [14]

4. Conclusions

This study showed that different energy substrates affected the startup, maximum voltage
output, power density, coulombic efficiency, ohmic resistance, and the charge transfer resistance of
MFC. The microbial community structures of these electroactive biofilms were modulated by energy
substrates during the enrichment. The abundance of classic exoelectrogens Geobacter species correlated
with the electricity-generation capacities of different electroactive biofilms. Geobacter species constituted
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as the predominant components of the electroactive biofilms enriched with acetate, ethanol, or lactate,
which existed as minor species in glucose-fed electroactive biofilms (0.63%). The MFCs containing the
glucose-fed electroactive biofilms were deficient in the extraction of copper from AMD. On the contrary,
the MFCs containing the electroactive biofilms enriched with acetate, ethanol, or lactate recovered
almost all the Cu2+ from the AMD by electrochemical reduction as metal copper (Cu0) on the surface
of the cathode. These results indicated that the effects of organic chemical (that is usually contained in
organic wastewater) on the enrichment of electroactive biofilm should be first evaluated in order to
obtain an efficient simultaneous treatment of organic wastewater and AMD. Further research works
are needed to assess the technical feasibility of the bioelectrochemical system to treat AMD, such as
scale-up the reactor and run in continuous mode.
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Abstract: Acid mine drainage (AMD) is a serious environmental issue associated with mining due to
its acidic pH and potentially toxic elements (PTE) content. This study investigated the performance
of the Fe-Al bimetallic particles for the treatment of combined AMD-gold processing effluents. Batch
experiments were conducted in order to eliminate potentially toxic elements (including Hg, As,
Cu, Pb, Ni, Zn, and Mn) from a simulated waste solution at various bimetal dosages (5, 10, and
20 g/L) and time intervals (0 to 90 min). The findings show that metal ions with greater electrode
potentials than Fe and Al have higher affinities for electrons released from the bimetal. Therefore, a
high removal (>95%) was obtained for Hg, As, Cu, and Pb using 20 g/L bimetal in 90 min. Higher
uptakes of Hg, As, Cu, and Pb than Ni, Zn, and Mn also suggest that electrochemical reduction
and adsorption by Fe-Al (oxy) hydroxides as the primary and secondary removal mechanisms,
respectively. The total Al3+ dissolution in the experiments with a higher bimetal content (10 and
20 g/L) were insignificant, while a high release of Fe ions was recorded for various bimetal dosages.
Although the secondary Fe pollution can be considered as a drawback of using the Fe-Al bimetal,
this issue can be tackled by a simple neutralization and Fe precipitation process. A rapid increase
in the solution pH (initial pH 2 to >5 in 90 min) was also observed, which means that bimetallic
particles can act as a neutralizing agent in AMD treatment system and promote the precipitation of
the dissolved metals. The presence of chloride ions in the system may cause akaganeite formation,
which has shown a high removal capacity for PTE. Moreover, nitrate ions may affect the process by
competing for the released electrons from the bimetal owing to their higher electrode potential than
the metals. Finally, the Fe-Al bimetallic material showed promising results for AMD remediation by
electrochemical reduction of PTE content, as well as acid-neutralization/metal precipitation.

Keywords: acid mine drainage; gold processing effluents; Fe-Al bimetallic particles; electrochemi-
cal reduction

1. Introduction

Acid mine drainage (AMD) refers to acidic runoff rich in high concentrations of metal
ions, such as iron (Fe), manganese (Mn), zinc (Zn), copper (Cu), lead (Pb), nickel (Ni),
arsenic (As), cadmium (Cd), aluminum (Al), and mercury (Hg) [1–3]. AMD is associated
with mining and mineral processing activities and comes from the natural oxidation of
sulfide-bearing minerals (such as pyrite) exposed to water, oxygen, and microbes [4,5].
AMD is considered one of the most prevalent causes of environmental pollution which
stems from its high acidity (pH < 3) and toxic metal content [6]. Tailings waste from
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processing of refractory gold ores is one of the major areas of concern as it contains sulfide
species and is very likely to produce AMD over time, especially in dry climates and high
evaporation rates [7]. Therefore, parts of tailings with sulfide minerals content exposed to
air will start to oxidize during summer to form AMD.

To tackle the issue of AMD, many attempts have been made to limit the generation
and release of AMD by protecting sulfide minerals from air, water, and bacteria and
minimizing their interactions [5,8–13]. However, due to practical constraints involved in
the prevention strategy [14], the next available option is AMD treatment by either active or
passive methods [2]. The most common active methods include neutralization using caustic
soda (sodium hydroxide), calcium hydroxide (Ca(OH)2) or limestone (CaCO3), as well as
adsorption, ion exchange, and crystallization [6,15]. However, the interest in improving
the efficiency of AMD remediation techniques motivated researchers to develop passive
methods, which involves biological and chemical treatment of AMD using wetlands [16],
permeable reactive barriers [17,18], compost reactors, and bioreactors, and cost-effective
materials such as recycled concrete aggregates [14], sulfur-reducing bacteria (SRB) [19], and
fly ash [20]. Studies with AMD have focused on neutralizing the acidity and heavy metal
removal. However, in the case of combined AMD-waste effluents resulting from refractory
gold processing with Cl− and NO3 content, it has not been considered anywhere before.

When exploring the most appropriate treatment techniques, it is crucial to consider
the use of non-toxic, cost-effective, and high-performance materials with the lowermost
potential of hazardous wastes/bi-products generation. Accordingly, zero-valent iron (ZVI)
has been considered a promising element for removal of heavy metals and PTE from
the aquatic environment [21] and the most common reactive material used in permeable
reactive barriers (PRBs) for remediating AMD and contaminated groundwater [22]. De-
pending on the environmental conditions (pH, redox, and oxic-anoxic conditions), type
and concentration of dissolved constituents; ZVI can remove heavy metals and PTE from
solutions effectively through adsorption, surface complexation, reductive precipitation,
and co-precipitation [3,22]. However, one major drawback with this kind of application is
the decreasing reactivity and performance of ZVI in the long-term due to iron corrosion and
surface passivation by an iron oxy-hydroxide film [21,22]. Recently, iron-based bimetallic
materials have been developed aimed at improving the reactivity and efficiency of ZVI in
removing PTE. In this regard, due to the synergistic effect of Fe and Al, the Fe-Al bimetal
has shown remarkably improved reductive ability for the contaminants [23]. The potential
difference between Fe and Al (E0(Al3+/Al0) = −1.667 V and E0(Fe2+/Fe0) = −0.44 V) pro-
motes better electron transfer within the bimetallic system and slows the passivation of the
Fe surface, resulting in a higher reducing capacity for target contaminants [24].

A number of studies have examined the performance of Fe-Al bimetallic particles for
their ability to remove heavy metals, including Cr(VI) [25], As(III) [26], U(VI) [27] from
waste solutions. Their findings demonstrated the high capacity, selectivity, and rapid
removal rate of target metal ions by the bimetal, predominantly through electrochemical
reduction. Moreover, in a study by Han et al. (2016) [28], a higher removal efficiency
for aqueous heavy metal ions (Cr(VI), Cd(II), Ni(II), Cu(II), and Zn(II)) was achieved by
acid-washed ZVAl/ZVI mixture in PRBs compared to acid-washed ZVAl or ZVI alone. One
significant finding to emerge from this previous study was that the Fe-Al bimetal formation
during the reaction has been identified as a major contributing factor to the high removal
efficiency. Despite previous studies describing Fe-Al bimetal as a potential technique in
wastewater remediation, the direct application of this bimetal in AMD treatment has not
been reported to date. According to standard electrode potential of Fe, Al and metals found
in AMD such as Pb, Cu, Hg, and Zn, it is clear that the Fe-Al bimetallic material is an
effective medium for treating AMD. Compared to common passive treatment methods,
which suffer from long processing time [29], Fe-Al bimetallic particles are fast and effective
for metal removal. Moreover, both Al and Fe are among the most abundant elements on
the earth, and the amount of required bimetal for AMD remediation, and waste generated,
is very small. Therefore, this paper evaluates the performance of the Fe-Al bimetal for acid-
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neutralization and removal of potentially toxic elements from simulated AMD combined
with gold processing effluents by considering the influencing parameters including bimetal
dosage and reaction time.

2. Materials and Methods

2.1. Preparation of Combined AMD-Waste Effluent from Refractory Gold Processing

The combined AMD prepared in this study represents the combination of AMD and
effluents resulting from the processing of refractory gold ores containing sulfide minerals
in the Goldfields region of Western Australia. Parts of tailings from these processing
plants, exposed to atmospheric conditions, are very liable to generate AMD over time. The
gold processing tailings dam contains Cl−, and NO3

− ions because of using hydrochlo-
ric acid (HCl) or nitric acid (HNO3) in the acid washing stage [30] and lead nitrate in
cyanidation [31,32]. Moreover, scaling up the mining and processing operations has risen
the demand for groundwater sources. The available source of process water in Aus-
tralia, especially in arid regions, is hypersaline groundwater with high Cl− content [33,34].
With regard to what mentioned above, the combined AMD solution was prepared using
1000 mg/L single-element standard solutions of Mn, Pb, As, Ni, Cu, Zn, and Hg in 2%
nitric acid (Sigma-Aldrich), as well as calcium chloride (CaCl2), sodium chloride (NaCl)
and ferrous sulfate (FeSO4). The initial pH of the prepared solution was adjusted to 2 using
sodium hydroxide (NaOH). The synthetic AMD was with initial metal concentrations
shown in Table 1.

Table 1. Initial solute concentrations (mg/L) in the synthetic AMD-gold processing effluents.

Hg Al Ca Mn Na Fe As Pb SO4
2− Ni Cu Zn

32.5 1.4 273.6 36.3 10,896.0 388.4 9.3 91.4 652.0 18.2 53.4 31.9

2.2. Synthesis of Fe-Al Bimetallic Particles

All the reagents used in this study were of analytical grade. The Fe-Al bimetallic
particles were synthesized using ZVAl powder (D90 = 86.5 µm) obtained from Barnes
(NSW, Australia), and ferric chloride (FeCl3·6H2O, >99% purity) purchased from Chem-
supply (SA, Australia). Fe-Al bimetals were prepared by optimizing the procedure used
by Chen et al. (2008) [24] and Fu et al. (2015) [25], which are based on the electrochemical
reduction and deposition of iron on the ZVAl surface. The first step was to remove the
unreactive layer of aluminum oxide from ZVAl using acid washing, in which 20 mL
of 1 M hydrochloric acid (HCl) was added to flasks containing 3 gr ZVAl in a shaking
incubator and agitated for 15 min at 40 ◦C and 110 rpm. This treatment was followed by
the cementation step by adding 30 mL Fe3+ solutions with a certain concentration (to give
0.5 g Fe to 1 gr Al) to the flasks and agitating for 30 min. Then, the Fe/Al particles were
recovered and rinsed with deionized water, and dried in a vacuum desiccator. The residual
Fe and Al concentrations in the solution was measured (data not shown) to calculate the
total Fe and Al content of recovered bimetallic particles in each preparation batch as 1 g
Fe/2.1 g Al (±0.05 for 3 samples) (Equations (1) and (2)).

FeT = Fe0 − Fer (1)

AlT = Al0 − Alr (2)

where

FeT and AlT are the total Fe and Al content of the bimetal,
Fe0 and Al0 are applied Fe and Al content, and
Fer and Alr are residual Fe and Al ions concentrations.
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2.3. Analytical Techniques

The concentration of dissolved ions were analyzed using inductively coupled plasma
optical emission spectroscopy (ICP-OES) and mass spectroscopy (ICP-MS). X-ray powder
diffraction (XRD) of bimetallic particles was performed using an Olympus diffractometer
(Olympus Scientific Solutions Americas, USA) with Co-Kα radiation source in the range
between 5 and 55◦ (2θ). To characterize the size distribution of ZVAl powder and bimetallic
particles, Mastersizer Malvern 3000 was used (Malvern Instruments Ltd., Malvern, UK).
The structure and elemental mapping of the bimetal were determined using a Tescan Clara
field emission scanning electron microscope (SEM) equipped with an energy dispersive
spectrometer (EDS) manufactured by the Oxford Instrument, Oxfordshire, UK).

2.4. Experimental Procedure

To investigate the combined AMD treatment using Fe-Al bimetallic particles, batch
experiments were conducted in an incubator shaker at 110 rpm and 25 ◦C with varying
time intervals from 10 to 90 min. In each batch, a specific amount of Fe-Al bimetals
(5, 10, and 20 g/L) was added to Erlenmeyer flasks containing 25 mL of the prepared
waste solution. No acid or alkali was subsequently added to control the pH during the
reaction. All experiments were conducted in duplicate, and average values were presented.
After a specified time, the solution content of each flask was recovered by filtration and
analyzed for heavy metal concentrations. The percentage of heavy metal removal (% R)
was calculated using Equation (3):

%R =
C0 − C

C0
× 100 (3)

where C0: Initial heavy metal ion concentration, mg/L, and C: Residual heavy metal ion
concentration, mg/L.

Stabilities of pollutants were modelled by the Geochemist’s Workbench® [35] with the
THERMODDEM database [36] based on measured solute activities in the experiments.

3. Results and Discussion

3.1. Characterization of the Fe-Al Bimetallic Particles

The particle size distribution of the ZVAl and the synthesized Fe-Al bimetallic material
is illustrated in Figure 1. The graph shows that there was an increase in the particle size of
the Fe-Al bimetal compared to ZVAl. Ninety percent of the ZVAl distribution has a smaller
particle size of 86.5 µm (D90) while this value increased to 134 µm after acid washing
and loading with Fe. Moreover, the diffraction peaks at 45.0◦ for both Al and Fe and
52.5◦ for Fe in the XRD pattern (Figure 2) confirmed the presence of both Al and Fe in the
bimetal structure.

In addition, the core-shell structure of the bimetal has been detected in the SEM
mapping (Figure 3). From the EDS spectra shown in Figure 3, it can be seen that Al is
mostly found in the core while Fe is the dominant element on the surface of Al.

3.2. pH Monitoring

The pH plays a vital role in the AMD treatment as increasing in pH can lead to the
dissolved metal and hydroxides precipitation [37]. Figure 4 shows the experimental data
for the solution pH at a different time and bimetal dosage. As illustrated in the graph, a
clear trend of increasing pH with time from 0 to 30 min for all bimetal dosage at initial
pH 2 was observed. However, from 30 to 90 min, a slight change in the pH was recorded.
In addition, for the combined AMD treated with the greater bimetal dosages, the higher
pH values were obtained. The pH of the solution containing 20 g/L of bimetal reached
more than 5.5 after 30 min, although it exhibited a slight decrease from 60 to 90 min. The
Eh of the solutions was 0.5 V at initial pH of 2 just before adding the bimetal and decreased
to minimum value of around 0.21 V in 90 min for all bimetal dosages.
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Figure 1. Cumulative particle size distribution of ZVAl and Fe-Al bimetallic material.

Figure 2. XRD pattern for the synthesized Fe-Al bimetal.

In the acidic aqueous system containing Fe-Al bimetallic particles and dissolved oxygen, the
oxidation of ZVAl to Al3+ (E0(Al3+/Al0) = −1.667 V) and ZVI to Fe2+ (E0(Fe2+/Fe0) = −0.44 V)
(Equations (4) and (5)) was accompanied by oxygen reduction in the presence of pro-
tons (H+) and the generation of hydrogen peroxide (H2O2) (E0(O2/H2O2)= +0.695 V) [38]
(Equations (6) and (7)) [38,39]. Hydrogen peroxide subsequently accelerated the ZVAl cor-
rosion to Al3+ (Equation (8)) [40,41] and triggered a Fenton reaction, where Fe2+ and H2O2
reacted to form Fe3+, hydroxyl radicals (OH˙), and hydroxyl ions (OH¯) (Equation (9)) [38].
In addition, more OH¯ released into the solution, where H2O in the solution picked up
electrons. The evolution of H2 gas resulted from H2O/H+ reduction in the solution was also
evident in the experiments (Equations (10) and (11)). To sum up, increasing the solution
pH is obviously related to the release of OH¯ ions into the solution via several reactions in
the solution, as discussed above.

Al0 → Al3+ + 3e− (4)

Fe0 → Fe2+ + 2e− (5)

O2 + H+ + e− → HO.
2 (6)
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2HO.
2 → H2O2 + O2 (7)

Al0 + 3H2O2 → Al3+ + 3OH. + OH− (8)

Fe2+ + H2O2 → Fe3+ + OH. + OH− (9)

2H2O + 2e− → H2 + 2OH− (10)

2H+ + 2e− → H2 (11)

25 µm 

Al

Fe 

 

 

Figure 3. SEM image and EDS spectra of Fe-Al bimetallic material with a core-shell structure.

−
−

Al଴ → Alଷା + 3eିFe଴ → Feଶା + 2eିOଶ + Hା + eି → HOଶ.HOଶ. → HଶOଶ + OଶAl଴ + 3HଶOଶ → Alଷା + 3OH. + OHିFeଶା + HଶOଶ → Feଷା + OH. + OHିHଶO + 2eି → Hଶ + 2OHି 2Hା + 2eି → Hଶ

Figure 4. Variation in the pH of the combined AMD solution treated by the Fe-Al bimetal at a
different time and bimetal dosage.
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3.3. Metal Removal by the Fe-Al Bimetallic Material

The percent removal of various metals from the synthetic combined AMD treated
by the Fe-Al bimetallic material for 90 min was compared and illustrated in Figure 5.
What stands out in this figure is the higher uptake of Hg, As, Cu and Pb at all bimetal
levels compared with Zn, Ni, and Mn. Experiments with 20 g/L of the bimetal resulted
in significant removal of Hg (99.74%), As (99.80%), Cu (98.20%), and Pb (95.50%), while it
dropped to 69.50% removal for Zn, 22.34% for Ni, and <5% for Mn. As previously stated,
the higher standard redox potential of the aqueous contaminants than the Al and Fe is
the underlying cause of a greater removal rate. Table 2 displays the standard reduction
potential of various aqueous species in the experiments at 25 ◦C. The data are arranged
in the increasing order of E0, which means an increase in the tendency of species to get
reduced. Therefore, under competitive conditions in the process, the loss of Hg, As, Cu,
and Pb was higher than Ni, Zn, and Mn, as they have a greater attraction for electrons
released from the bimetal.

Alଷା + 3eି → Al(ୗ) −Mnଶା + 2eି → Mn(ୗ) −Znଶା + 2eି → Zn(ୗ) −Feଶା + 2eି → Fe(ୗ) −Niଶା + 2eି → Ni(ୗ) −Pbଶା + 2eି → Pb(ୗ) −Cuଶା + eି → CuାHଷAsOଷ + 3Hା + 3eି → As + 3HଶOCuଶା + 2eି → Cu(ୗ)HଷAsOସ + 2Hା + 2eି → HAsOଶ + 4HଶOFeଷା + eି → FeଶାHgଶା + 2eି → Hg(୪)

Figure 5. A comparison of the removal of various PTE from the synthetic combined AMD by Fe-Al
bimetallic particles after 90 min and initial pH 2.

Table 2. Standard reduction potential of different species in aqueous solution at 25 ◦C [24,42].

Aqueous Species Reduction Half Reactions E0 (V)

Aluminum (Al) Al3+ + 3e− → Al(S) −1.68
Manganese (Mn) Mn2+ + 2e− → Mn(S) −1.18

Zinc (Zn) Zn2+ + 2e− → Zn(S) −0.76
Iron (Fe(II)) Fe2+ + 2e− → Fe(S) −0.44
Nickel (Ni) Ni2+ + 2e− → Ni(S) −0.28
Lead (Pb) Pb2+ + 2e− → Pb(S) −0.13

Copper (Cu(I)) Cu2+ + e− → Cu+ +0.15
Arsenic (As(III)) H3AsO3 + 3H+ + 3e− → As + 3H2O +0.24
Copper (Cu(II)) Cu2+ + 2e− → Cu(S) +0.34
Arsenic (As(V)) H3AsO4 + 2H+ + 2e− → HAsO2 + 4H2O +0.56

Iron (Fe(III)) Fe3+ + e− → Fe2+ +0.77
Mercury (Hg) Hg2+ + 2e− → Hg(l) +0.86

The variation of residual metal concentrations over time at different bimetal dosages
(5, 10, and 20 g/L) and initial pH of 2 are shown in Figure 6. The initial Hg concentration
in the solution (Figure 6a) dropped significantly in 10 min at all bimetal dosages, although
the residual Hg(II) was slightly higher in the experiments with 5g/L bimetal (2.14 mg/L)
compared to 10 and 20 g/L (<0.2 mg/L). In addition, ZVAl and ZVI on the bimetal surface,
Fe2+ ions (E◦ (Fe3+/Fe2+) = +0.77) have also been considered as a reducing agent for Hg(II)
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elimination from the solution [43]. Moreover, the increase in the solution pH to >4.5 in
20 min at various bimetal dosages, resulted in the precipitation of Fe (oxy)hydroxides on
the bimetal surface (Figure 7a), which can sequester Hg(II) from the solution [43].

A similar trend to Hg was observed for the residual As and Cu concentrations
(Figure 6b,c) within 90 min of AMD treatment using the bimetal. Despite that within
20 min of the process using 5 g/L bimetal As uptake was lower than that of 10, and 20 g/L,
the removal rate was almost the same from 20 to 90 min. In addition, the initial Cu concen-
tration of 53.44 mg/L went down to 3.5, 1.4, and 1 mg/L at 90 min for 5, 10, and 20 g/L
bimetal, respectively. The higher bimetal concentrations performed more effectively for
the Pb(II) reduction, so that the best result was obtained by using 20 g/L of the bimetal at
60 min (96% removal) (Figure 6d).

Prior studies [26,44] have reported the possible mechanisms for As removal by the
Fe-Al bimetal as follows: (1) the adsorption of part of free As(III) by Fe-Al oxides on the
bimetal surface at the initial stages of the process; (2) the oxidation of the majority of
As(III) to As(V) by reactive oxygen species generated in the system, and the subsequent
adsorption of As(V) by the Fe-Al (oxy)hydroxides on the bimetal surface; (3) the reduction
of the adsorbed As(V) to As(III), and then to As(0) by Fe and Al (either directly or through
the galvanic cell effect) in the anoxic inner layer of the bimetallic particles. Therefore,
the observed discrepancy in the As uptake within 20 min of the process using different
bimetal dosages corresponds most directly to the solution pH and the formation of the
Fe-Al oxy-hydroxides on the bimetal (Figure 7a,b). For the AMD treated with 10 and 20 g/L
bimetal, the pH values reached more than 4 in 10 min, while the same pH was recorded
after 20 min for the experiment with 5 g/L bimetal (Figure 4). Considering that under
acidic and circumneutral pH, the solubility, mobility, and toxicity of the As(III) is higher
than As(V) species [45,46], the Fe-Al bimetal seems to be an effective material for the As
remediation from the contaminated water.

According to the redox potential (Table 2), Cu(II) and Pb(II) can be easily reduced
to Cu0 and Pb0 by both Fe and Al. Moreover, the reduction of Cu(II) to Cu(I) is also
thermodynamically favored, resulting in the formation of insoluble Cu2O [42]. However,
Igarashi, et al. (2020) [47] have shown that Cu precipitation at pH < 6 is unfavorable and
its reduction is mostly attributed to co-precipitation with Fe and Al oxy-hydroxides. The
metal contaminants with more negative redox potential than Fe, including Ni, Zn, and
Mn, are hard to be reduced by Fe. The reduction by ZVAl and adsorption may be the
predominant removal mechanism as the bimetal surface became more negatively charged
with increasing OH− concentration, which enhanced the attraction between heavy metal
ions and ZVI or ZVAl [28]. The higher removal of Zn, compared to Ni (Figure 6e,f), may be
attributed to the adsorption by precipitated iron oxides on the bimetallic particles, which
has been considered as a major Zn(II) removal mechanism by ZVI [48]. Moreover, due to
the competitive effects, the uptake of Ni, Zn, and Mn by the bimetal may be hindered by
Hg, As, Cu, and Pb ions. In addition, as can be seen in Figure 7c–e, the pH increase in the
system was not sufficient to drive Mn, Zn, and Ni precipitation as they exist as aqueous
species under the experimental conditions. As can be seen in Figure 6e–g, concentrations of
Zn, Ni, and Mn decreased over the first 10 min of the reaction before increasing again from
10 to 30 min. The re-dissolution of these metal ions can be explained by the re-oxidation
of deposited metals with the accumulated Fe(III) ((Fe3+/Fe2+) = +0.77). In addition, the
concentration of heavy metal ions such as Zn, Ni, and Cu do not seem to be affected by the
high concentration of Cl– anion in the pH range of the experiments (pH of 2-4) as it causes
an increase in the metal’s solubility [49–51]. However, in the case of Hg, calomel (Hg2Cl2)
precipitation may contribute to its reduction from the solution [52,53].

Regarding the presence of nitrate ions in the system, it should be noted that nitrate
has a higher electron affinity than metal ions in the process meaning it is more likely to
gain electrons released from the bimetal in the competitive system. In the Fe-Al bimetallic
system, both Al and Fe are able to reduce nitrate ion to nitrite (NO2

−) (E◦= 0.965 V),
then ammonia (NH4

+) (E◦= 0.897 V) or nitrogen gas [54,55]. Further research should be

66



Minerals 2021, 11, 590

undertaken to investigate the precise effect of NO3
− and Cl− ions on heavy metal removal

from AMD and on the bimetal performance.

 
 

(a) (b) (c) 

  
 

(d) (e) (f) 

 
 

 

(g) (h) (i) 

Figure 6. Variation of residual metal concentrations (a) As, (b) Hg, (c) Cu, (d) Pb, (e) Zn, (f) Ni, (g) Mn, (h) Fe, and (i) Al
over time at different bimetal dosage (5, 10, and 20 g/L) and initial pH of 2.

The Fe corrosion (Equation (5)) led to a rise in its concentration in the solution within
10 min of the process (Figure 6h). However, it decreased after 10 min, which may be
attributed to the precipitation of Fe ions by increasing the pH (Figure 7a). The total Fe
ions concentration after 90 min of the process using 5, 10, and 20 g/L of the bimetal are
884, 845, and 764 mg/L, respectively. The pH rise driven by increasing the bimetal dosage
can be the main reason for the lower dissolved Fe ions concentrations. As can be seen in
Figure 7a (the dashed rectangle) in the experimental Eh range (0.5–0.21 V) and pH > 4,
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Fe may precipitate as Schwertmannite or Magnetite. Moreover, depending on the Fe2+,
Fe3+, and Cl− concentrations, pH, and temperature of the reaction mixture, chloride ions
may incorporate into the iron (oxy)hydroxide structure to form akaganetite [56,57], which
has shown desirable sorption properties for PTE, such as As and Zn [58,59]. So, further
research is needed to better understand the possibility of akaganetite formation under the
experimental conditions of this study.

 
− −

− − −
− − − −

Figure 7. Eh-pH predominance diagram of (a) Fe3+ (activity = 10−2.65), (b) Al3+ (activity = 10−4.53), (c) Mn2+ (activ-
ity = 10−3.99), (d) Zn2+ (activity = 10−3.9), and (e) of Ni2+ (activity = 10−3.7) at 25 ◦C, 1.013 bars and activities of SO4

2−, Na+

and Ca2+ equal to 10−1.6, 10−0.57 and 10−2.4, respectively. Carbonate was modelled in the system by equilibrating it with
the average CO2 in air (Fugacity = 10−3.5). The dashed rectangle refers to experimental conditions in this study.
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Considering that the maximum recommended level of Fe in drinking water by the
World Health Organization (WHO) is 2 mg/L [25], the release of Fe ions from the bimetal
after the reaction with AMD is significant. However, Fe is less harmful compared to toxic
heavy metals content in AMD and can be removed from the solution by a secondary
neutralization process and converted to usable iron oxides as a raw material in pigments,
ceramics, etc. [37]. The Al3+ concentrations in the final solutions are negligible, except for
the experiment with 5 g/L of the bimetal within 10 min of the process in which the total
dissolved AL3+ was 45 mg/L (Figure 6i). It is attributed to the solution pH, which is less
than 3, and Al3+ is the predominant species (Figure 7b). In addition, the Al3+ concentration
in the experiment using 10 g/L of the bimetal and the reaction time of 90 min meet the
established limit in drinking water by WHO (0.2 mg/L) [25].

4. Conclusions

In this investigation, the synthesized Fe-Al bimetallic material has demonstrated high
efficiency for a rapid removal of potentially toxic elements from the combined AMD-waste
solutions resulting from refractory gold production. Owing to a greater tendency for
electrons released from the bimetal, higher removal rate was obtained for Hg, As, Cu,
and Pb than the Ni, Zn, and Mn. Experiments with 20 g/L of the bimetal resulted in
significant removal of Hg (99.74%), As (99.80%), Cu (98.20%), and Pb (95.50%) in 90 min,
while it dropped to 69.50% removal for Zn, 22.34% for Ni, and <5% for Mn. Therefore,
the electrochemical reduction of PTE by the bimetal seems to be the major contributing
mechanism. The findings of this study also indicate that the higher bimetal dosages result
in the greater heavy metal uptake from the solution. Moreover, the corrosion of Fe and Al in
the bimetallic system and consequently the release of Fe(III), Al(III), and OH− ions into the
solution led to the formation of Fe-Al (oxy)hydroxides which could sequester PTE, such as
Hg and Zn, via adsorption. In addition, with respect to electrode potential of metal species,
Fe(III) ions engaged in the re-oxidation of deposited Zn, and more significantly Mn and Ni,
led to an increase in their concentrations after 10 min. The increase in the initial pH of 2 to
more than 5 in 90 min using Fe-Al bimetallic particles is promising in AMD remediation
as it can reduce the amount of alkaline reagents. Nearly no Al ions were detected in the
solutions at higher bimetal concentrations. Although the Fe release from the bimetal was
high, it can be precipitated and converted to a valuable by-product such as iron pigments.
However, more research on this topic needs to be undertaken to identify the influencing
parameters, characterize and analyze the surface chemistry of bimetallic particles after
reaction with PTE and measure the elemental composition, and chemical and electronic
state of the elements on the bimetal. Chloride ions in the studied system may affect the
process by akaganeite formation and changing the stability of PTE. Moreover, the higher
electrode potential of nitrate compared to Fe, Al, and other metals in the process, could
mean it has a higher tendency to gain electrons and get reduced. However, further studies
regarding the precise effect of Cl− and NO3

− on PTE removal and bimetal performance is
strongly recommended. The reversibility of the process and reusability of the bimetal also
warrant additional investigation.
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Abstract: The addition of ferrous sulfate as a depressant for Ca-bearing minerals such as calcite and
fluorite during scheelite flotation was investigated to recover scheelite from tungsten mine tailings,
using Hallimond-tube flotation tests, zeta-potential measurement and Fourier-transform infrared
(FT-IR) analyses. The flotation tests indicate that the selectivity of scheelite recovery was the largest
over calcite and fluorite under the following conditions: 0.5 g sample, 50 g/ton AF65, 1 × 10−3 M
sodium oleate, 1200 g/ton SF2 (sodium silicate and ferrous sulfate) depressant with the 8:2 ratio of
sodium silicate and ferrous sulfate, 50 mL/min air injection rate, 5 min flotation time, and pH 8.
The selectivity of scheelite flotation increased when the amount of SF2 depressant addition increased
to 1200 g/ton, but it decreased by adding 1400 g/ton SF2, which would result from the precipitation of
iron components. In the zeta potential results, the zeta potentials of scheelite with the collector show
similar results regardless of the addition of SF2, while the change of zeta potentials of calcite and
fluorite by adding NaO collector diminished when SF2 was added. In FT-IR analyses, the spectrum of
NaO in scheelite results was observed regardless of the addition of SF2, while the spectra of NaO in
calcite and fluorite results disappeared when SF2 was added. These results suggest that the addition
of SF2 prevents the adsorption of NaO on the surface of calcite and fluorite. Therefore, the addition
of SF2 could enhance the selectivity of scheelite flotation over calcite and fluorite.

Keywords: scheelite; calcite; fluorite; depressant; ferrous sulfate; selective flotation

1. Introduction

The number of abandoned metal mines in South Korea has been found to be 2089, and it was
reported that 1268 of the abandoned metal mines have detrimentally affected the environments
around the abandoned mines [1]. Sangdong mine is a representative scheelite mine in South Korea,
and 12 million tons of tailings was generated during a 40-year operation after it had been abandoned [2,3].
In South Korea, Mine Reclamation Corporation (MIRECO), a state-owned company, has developed
technologies to recover valuable materials from tailings [4], which could reduce potential risk of
tailings. Although some research was performed to use the tailing of Sandong mine as constructive
materials [2], technology for the recovery of valuable materials such as scheelite should be required.

Scheelite has been found to be a representative tungsten ore [5]. Tungsten is being widely used
in various industries such as the high-temperature technology, chemical, lighting, X-ray technology,
and machine manufacturing industries, owing to its low vapor pressure, high melting point,
excellent electricity and thermal conductivity, high density, high abrasion resistance, and excellent
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X-ray performance [6,7]. Therefore, the recovery of scheelite from tailings is important not only in
obtaining tungsten, but also in reducing the volume of tailings. Gravity separation such as jig process
has been reported to recover scheelite [8], but, generally, the flotation process has been selected for
beneficiation of scheelite [9].

It is known that scheelite can be selectively floated by using fatty acid and a fatty acid derivative
as a collector [10,11]. However, since scheelite (CaWO4) contains calcium components, it is closely
related to other Ca-bearing minerals such as calcite (CaCO3) and fluorite (CaF2). Scheelite has
similar physicochemical properties, such as the existence of the same cations (Ca2+) in the mineral,
solubility, hardness, specific gravity, and point of zero charge [12,13], which causes similar chemisorption
behavior of the fatty acid and a fatty acid derivative as a collector on the Ca-bearing minerals [9,14–16].
Generally, it has been found that sodium silicate is the most widely used depressant for selective
flotation of scheelite [15], and assistant depressant such as ferrous sulfate has been investigated [15,16].

Although the mechanism of the depression of calcite [15] and fluorite [16] during scheelite flotation,
using a mixture of sodium silicate and ferrous sulfate as a depressant, was reported by investigating
the minerals with X-ray photoelectron spectroscopy (XPS), more experiments will be required to
understand the depression mechanism of sodium silicate and ferrous sulfate. Therefore, in the present
study, the optimum flotation condition was obtained from Hallimond-tubes flotation tests, and then the
effect of ferrous sulfate addition with sodium silicate was investigated with zeta potential measurement
and FT-IR analyses using scheelite, calcite and fluorite conditioned at the optimum condition.

2. Materials and Methods

2.1. Materials

The samples that were used in this study were the concentrates of scheelite (CaWO4),
calcite (CaCO3), and fluorite (CaF2), which were obtained from domestic mines such as Sandong
mine, Imha mine, and Sinpo mine, respectively. Figure 1 shows the X-ray diffraction (XRD) analysis
results for scheelite, calcite, and fluorite. The analysis results show that all the three samples are pure,
with almost absolutely no impurities.

All reagents used in this study are of reagent grade except AF65 (commercial grade).
Sodium oleate (Samchun Chemical Co., Ltd., Yeosu, Korea), which is known to be used often
in the flotation research on scheelite and Ca-bearing minerals [15,16], and AF65 (Cytec Industries
Inc., Woodland Park, NJ, USA) were used as a collector and a frother, respectively. A mixture
of ferrous sulfate heptahydrate (FeSO4·7H2O, Samchun Chemical Co., Ltd., Yeosu, Korea),
or oxalic acid (C2H2O4·2H2O, Samchun Chemical Co., Ltd., Yeosu, Korea) with sodium silicate
(Na2SiO3, Samchun Chemical Co., Ltd., Yeosu, Korea) was used as a depressant. Table 1 shows the
summary of the depressant used in this study.

Table 1. Depressants used in this study.

Depressant Abbreviation Chemical Composition

Sodium silicate Na2SiO3
Sodium silicate + ferrous sulfate SF2 Na2SiO3 + FeSO4

Sodium silicate + oxalic acid SO Na2SiO3 + C2H2O4
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Figure 1. X-ray diffraction (XRD) analysis results for Ca-bearing minerals: (a) scheelite (CaWO4),
(b) calcite (CaCO3), and (c) fluorite (CaF2).

2.2. Flotation Test Procedures

Flotation tests on singular mineral (scheelite, calcite, and fluorite) were using Hallimond tubes
with 300 mL of working volume under the following conditions: 0.5 g mineral sample (75 µm–150 µm),
50 g/ton AF65 as a frother, 1 × 10−3 M sodium oleate as a collector, 50 mL/min air injection rate,
5-min conditioning for each reagent addition, and 5 min flotation time. The pulp was stirred with a
magnetic bar during the conditioning and flotation tests. In a typical run, the pH of 300 mL distilled
water with the sample was adjusted at 8 with HCl and NaOH, and then depressant, collector, and frother
were added in order. After the flotation tests, the products were collected by filtering with a filter
paper and then dried at 105 ◦C. The floatability (%) was calculated as follows:

Floatability (%) =Mfinal (g)/Minitial (g) × 100 (1)

where Mfinal and Minitial indicate mass of final and initial added mineral, respectively.

2.3. Zeta Potential and Fourier-Transform Infrared (FTIR) Analyses

The zeta potentials of the mineral particles were measured with Beckman Coulter’s Delsa Nano C.
The mineral samples were finely ground with an agate mortar, and less than 5 µm particles collected
using a filter (pore size: 5 µm) were used. The zeta potential was measured using a 1.0 × 10−3 M
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NaCl solution as the supporting electrolyte. The pH value was adjusted with HCl and NaOH and was
measured after the Zeta potential tests.

The adsorption of the collector and depressants on the surfaces of Ca-bearing minerals was
examined using Jasco’s FTIR spectrometer. After the 0.5 g mineral sample with less than 200 mesh was
added to 300 mL distilled water, the flotation reagents (collector and depressant) were added to the
suspension, which was conditioned for 5 min. Then, the solid-liquid separated mineral samples were
dried in vacuum before FTIR analyses.

3. Results and Discussion

Bo et al. reported that sodium silicate forms hydrophilic colloidal silicic acid, which is selectively
adsorbed on the surface of calcite and fluorite, and that, in particular, the formation of hydrophilic
colloids became smoother in their study when the mixing ratio of sodium silicate and oxalic acid
was 3:1 [17]. Based on this finding, the depressant that contains the sodium silicate and oxalic acid
in a ratio of 7.5:2.5, 5:5, 2.5:7.5, and 0:10 was used to investigate the effect of the depressants on the
floatability of scheelite, calcite and fluorite. Figure 2 shows the floatability of the minerals increased,
but the selectivity decreased with decreasing the ratio of sodium silicate.

−

Figure 2. Floatability of scheelite, calcite, and fluorite in the function of the mixing ratio of sodium
silicate and oxalic acid from 7.5:2.5 to 0:10.

The difference in floatability was the highest at the 7.5:2.5 sodium silicate-oxalic acid mixing ratio,
and the result shows a good agreement with the conventional study [17], where the 3:1 ratio was
suggested as an optimum condition. At this ratio of 7.5:2.5, however, the floatabilities of scheelite,
calcite and fluorite were 36%, 32% and 29%, respectively. Thus, satisfactory selection efficiency could
not be expected when using the depressant of sodium silicate and oxalic acid.

The combination of sodium silicate and ferrous sulfate (SF2) was proposed as a depressant for
the selective flotation of scheelite [15,16]. The depressant SF2 was prepared in a ratio of 6:4 to 9:1 of
5% sodium silicate and 1% ferrous sulfate. The flotation tests with SF2 were performed under the
following conditions: 0.5 g sample, 50 g/ton AF65, 1 × 10−3 M sodium oleate, 200 g/ton SF2 depressant,
50 mL/min air injection rate, 5 min flotation time, and pH 8, and the results are shown in Figure 3.
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−

Figure 3. Floatability of scheelite, calcite, and fluorite in the function of the mixing ratio of sodium
silicate and ferrous sulfate from 6:4 to 9:1.

The floatability of scheelite decreased but those of calcite and fluorite increased with increasing the
ratio of ferrous sulfate. The precipitation was observed in the solution, and the amount of precipitate
increased with the ratio of ferrous sulfate. Iron component was detected in the precipitate, and iron
precipitated due to the oxidation of ferrous to ferric ions by aeration because ferric ion could precipitate
over pH 3.5 [18]. At a ratio of 8:2 for sodium silicate and ferrous sulfate, the floatabilities of scheelite,
calcite and fluorite were 40.8%, 25.6% and 30.2%, respectively, and the selectivity was the largest at this
ratio. The selectivity decreased with increasing the ratio of ferrous sulfate because the effect of ferrous
sulfate addition diminished due to the precipitation.

The effects of SF2 depressant dosage on the floatability of scheelite, calcite, and fluorite was
investigated under the following conditions: 0.5 g sample, 50 g/ton AF65, 1 × 10−3 M sodium oleate,
0–1400 g/ton SF2 depressant with the 8:2 ratio of sodium silicate and ferrous sulfate, 50 mL/min air
injection rate, 5 min flotation time, and pH 8, and the results were shown in Figure 4. With increasing
SF2 dosage, the floatability of scheelite decreased gradually while those of calcite and fluorite did sharply.
That is, when the SF2 dosage increased from 200 to 1200 g/ton, the floatability of scheelite decreased by
7% (from 40.8 to 33.6%) but the floatability of calcite decreased sharply by 21% (from 25.6 to 4.6%)
and that of fluorite decreased sharply by approximately 20% (from 30.2 to 10.6%). When the SF2
dosage was 1400 g/ton, the floatability values of calcite and fluorite were around 5%, suggesting an
excellent suppressing effect, but that of scheelite was also severely suppressed to around 20%. Since the
selectivity is the largest at 1200 g/ton of SF2 dosage, the SF2 dosage was fixed at 1200 g/ton in the
following tests.
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Figure 4. Floatability of scheelite, calcite, and fluorite in the function of SF2 dosage.

The generally known order of addition of flotation reagents is to add a depressant before a
collector. The Ca-bearing minerals were recovered through bulk flotation using the collector sodium
oleate, and then selective flotation was performed for scheelite from the bulk flotation product.
Therefore, the effect of the order of flotation-reagent addition on the floatability was investigated
under the following conditions: 0.5 g sample, 50 g/ton AF65, 1 × 10−3 M sodium oleate, 1200 g/ton
SF2 depressant with the 8:2 ratio of sodium silicate and ferrous sulfate, 50 mL/min air injection rate,
5 min flotation time, and pH 8. The results are shown in Figure 5.

−

Figure 5. Floatability of scheelite, calcite, and fluorite in the function of the order of
flotation-reagent addition.

As shown in Figure 5, the floatability of scheelite was higher than those of calcite and fluorite.
The floatability of calcite and fluorite reduced when the depressant was added before the collector,
while that of scheelite was enhanced by adding the depressant before the collector, where the selectivity
became larger. Therefore, the effect of collector, which was added in the bulk flotation, should be
considered to obtain the better selectivity of scheelite. Based on the results, the optimum flotation
conditions with high selection efficiency for scheelite are 0.5 g sample, 50 g/ton AF65, 1 × 10−3 M
sodium oleate, 1200 g/ton SF2 depressant with the 8:2 ratio of sodium silicate and ferrous sulfate,
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50 mL/min air injection rate, 5 min flotation time, and pH 8, and the addition order of flotation reagents
is to add the depressant before the collector.

Figures 6–8 show the zeta potential measurement results for scheelite, calcite, and fluorite with or
without 1 × 10−3 M sodium oleate (collector) and 1200 g/ton SF2 (depressant). Each measurement was
performed after 5 min conditioning when the collector or the depressant was added, and 1 × 10−3 M
NaCl was added as a supporting solution. In the zeta potentials of scheelite, calcite, and fluorite
without the collector and depressant, the measurement results showed that scheelite did not have a
point of zero charge (PZC), but that the points of zero charge for calcite and fluorite are 8.6 and 4.7,
respectively. Figure 6 indicates the Zeta potential results of scheelite with pH, which shows a good
agreement with conventional studies [14,19]. The zeta potentials of scheelite without the collector
and depressant are negatively charged over the entire pH range (2–11), and the zeta potentials are
lower negatively when the flotation reagents are added. Since the zeta potentials of scheelite with
the collector or with the collector and depressant show similar behaviors over the entire pH range,
the addition of depressant does not have a significant effect on the adsorption of the collector on the
surface of scheelite.

−

−

−

Figure 6. Zeta potentials of scheelite with and without the collector and depressant.

−

−

−

− −

− −

−

Figure 7. Zeta potentials of calcite with and without the collector and depressant.
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−

−

−

− −

− −

−

Figure 8. Zeta potentials of fluorite with and without the collector and depressant.

As shown in Figures 7 and 8, the zeta potentials of the calcite and fluorite only with the collector
are the lowest at each pH compared with the zeta potentials of the minerals with or without the collector
and depressant. The zeta potentials of calcite and fluorite with or without the collector and depressant
show similar behaviors with increasing pH, which indicates that the addition of the SF2 depressant
interfered the adsorption of the collector on the surface of minerals. Therefore, the addition of SF2 could
enhance the selectivity of scheelite flotation.

FTIR analysis was performed to examine the adsorption of the flotation reagents on the surface
of the minerals conditioned at the optimum flotation conditions, and the results were shown in
Figures 9–11 for scheelite, calcite, and fluorite, respectively. Figure 9 shows the FTIR analysis results for
scheelite, where the spectrum of sodium oleate forms the bands at 1559.1 and 2922.6 cm−1. The band at
2922.6 cm−1 is known to be formed by the stretching vibrations of CH2 and CH3 [17], and the band at
1559.1 cm−1 is caused by the carbonyl mode (C=O), which mainly indicates a physically adsorbed
species [7,20,21]. The spectrum of scheelite without flotation reagents (NaO and SF2) shows the bands
in the 650–1000 cm−1 range, and, when the scheelite sample was conditioned in the 1 × 10−3 M sodium
oleate solution, a band was observed at 2871.3 cm−1, which is similar to the 2922.6 cm−1 of sodium
oleate. In the experiment where the SF2 depressant was added before sodium oleate, a band was
formed at 2900.7 cm−1. These results suggest that the chemisorption of sodium oleate on the scheelite
is maintained regardless of the addition of SF2. However, in the cases of calcite and fluorite, as shown
in Figures 10 and 11, respectively, the spectra of calcite and fluorite with the collector (NaO) show the
band at 2931.5 and 2910.4 cm−1, which are due to the stretching vibration of sodium oleate, indicating
good adsorption, but they disappeared in the minerals with the collector after the addition of the
depressant (SF2). These results indicate that the addition of SF2 depressant prevents the adsorption
of the NaO collector, which shows a good agreement with the experiment results of zeta potential
measurement. Therefore, the addition of SF2 depressant could enhance the selectivity of scheelite over
Ca-bearing minerals such as calcite and fluorite.
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−

Figure 9. Fourier-Transform Infrared (FTIR) analysis result of scheelite at the optimum
flotation conditions.

−

Figure 10. FTIR analysis result of calcite at the optimum flotation conditions.
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−

Figure 11. FTIR analysis result of fluorite at the optimum flotation conditions.

4. Conclusions

The addition of ferrous sulfate as a depressant for Ca-bearing minerals such as calcite
and fluorite during scheelite flotation was investigated using Hallimond-tube flotation tests,
zeta-potential measurement and FT-IR analyses.

The flotation tests indicate that the selectivity of scheelite recovery was the largest over calcite
and fluorite under the following conditions: 0.5 g sample, 50 g/ton AF65, 1 × 10−3 M sodium oleate,
1200 g/ton SF2 (sodium silicate and ferrous sulfate) depressant with the 8:2 ratio of sodium silicate and
ferrous sulfate, 50 mL/min air injection rate, 5 min flotation time, and pH 8. The selectivity of scheelite
flotation increased when the amount of SF2 depressant addition increased to 1200 g/ton, but it decreased
by adding 1400 g/ton SF2, which would result from the precipitation of iron components.

In the zeta potential and Fourier-transform infrared (FTIR) analyses results of scheelite,
calcite, and fluorite conditioned under the optimum conditions, the adsorption of NaO (collector) on
the surface of scheelite was observed regardless of SF2 depressant addition, while the zeta potentials
of calcite and fluorite and FT-IR spectra with NaO/SF2 show similar behavior with calcite and fluorite
without any floatation reagents. These results indicate that the addition of SF2 prevents the adsorption
of NaO (collector) on the surface of calcite and fluorite, which are regarded as tailing during scheelite
flotation, so the selectivity of scheelite flotation could be enhanced by adding the depressant consisting
of sodium silicate and ferrous sulfate.
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Abstract: Geopolymer cement has been popularly studied nowadays compared to ordinary Portland
cement because it demonstrated superior environmental advantages due to its lower carbon emissions
and waste material utilization. This paper focuses on the formulation of geopolymer cement from
nickel–laterite mine waste (NMW) and coal fly ash (CFA) as geopolymer precursors, and sodium
hydroxide (SH), and sodium silicate (SS) as alkali activators. Different mix formulations of raw
materials are prepared to produce a geopolymer based on an I-optimal design and obtained different
compressive strengths. A mixed formulation of 50% NMW and 50% CFA, SH-to-SS ratio of 0.5, and an
activator-to-precursor ratio of 0.429 yielded the highest 28 d unconfined compressive strength (UCS)
of 22.10 ± 5.40 MPa. Furthermore, using an optimized formulation of 50.12% NMW, SH-to-SS ratio of
0.516, and an activator-to-precursor ratio of 0.428, a UCS value of 36.30 ± 3.60 MPa was obtained.
The result implies that the synthesized geopolymer material can be potentially used for concrete
structures and pavers, pedestrian pavers, light traffic pavers, and plain concrete.

Keywords: geopolymer; laterite; alkali-activated; alumino-silicates; I-optimal; response surface
methodology; optimization; mine waste

1. Introduction

The rapid increase in construction activity has been observed to meet the ever-increasing
infrastructure demands [1]. In most construction activities, cement-based concrete is an essential and
widely used material. The use of cement-based concrete, like ordinary Portland cement (OPC), is globally
accepted due to ease of operation, excellent mechanical properties, and low-cost production compared
to other construction materials [2]. However, OPC has drawbacks as it releases approximately one ton
of CO2, a greenhouse gas, to produce one ton of OPC [3]. It also has high energy consumption during
production, and it consumes a significant amount of natural resources [2,3]. Due to increasing awareness
of these issues, a viable alternative for the conventional Portland cement is currently being reviewed
and studied by many researchers and scientists. Geopolymer cement is one of the emerging greener
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alternatives for the construction industry. It results from the chemical reaction between aluminosilicate
waste materials and alkaline activators resulting in the inorganic polymer [3]. It is comprised of repeating
units of silico-oxide (Si-O-Si), silico-aluminate (Si-O-Al-O-), ferro-silico-aluminate (-Fe-O-Si-O-Al-O-),
or alumino-phosphate (-Al-O-P-O-), created through a process of geopolymerization [4].

Aluminosilicate sources, also called geopolymer precursors, can be sourced out from waste such
as fly ash, blast furnace slag, silica fume, and rice husk or a combination of these precursors, which are
rich from silicon (Si), aluminum (Al), or iron (Fe) in an amorphous form [5]. Mine waste has also
emerged as a potential geopolymer precursor because it contains Si, Al, and Fe. Valorization of such
waste would also reduce the environmental burden. For example, thermal and mechanical activations
pretreatment were done to Ni-laterite mine waste from the Philippines to enhance its property as
a geopolymer precursor [6]. Likewise, gold mine tailings in the Philippines are used to produce
geopolymer bricks with a compressive strength of 5.5 MPa [7].

As properties of raw materials for geopolymer precursors could vary from one place to another, it is
necessary to perform mix formulation studies to evaluate the potential application of such construction
material. For example, using fly ash and granulated blast furnace as precursors, the optimal rational
mix design resulted in an improved compressive strength comparable to OPC ranging from 32 to
66 MPa [1]. A statistical mix design of the experiment was also used to optimize the geopolymer
properties from the ternary blend of red mud waste, rice husk ash, and diatomaceous earth [8].
Other studies showed that different mixes and combinations of fly ash-mine tailings (MT) mix [9],
laterite–calcite, and laterite–slag mix [10], could increase the compressive strength. However, a binary
blend of coal fly ash (CFA) and nickel–laterite mine waste (NMW) sourced out from the Philippines as
geopolymer precursors have not been explored yet [9]. Thus, this study extends the work described
in Longos et al. [6] and apply the statistical design of experiment [8] to determine the optimal mix
formulation of coal fly ash (CFA) and nickel–laterite mine waste (NMW) with sodium hydroxide
(SH)-sodium silicate (SS) as alkali activators.

2. Materials and Methods

2.1. Raw Material Preparation

Raw NMW was collected from a siltation pond of a nickel–laterite mining company, while CFA was
obtained from a coal power plant located in Mindanao, Philippines. Raw materials were oven-dried
at 105 ◦C for 24 h. Dried NMW showed clay-like characteristics, and the clumping of this clayey
material facilitated the need for pre-grinding. The dried NMW was reduced in size using a Raijin
portable attrition mill pulverizer with a power of 1500 Watts, blade diameter of 150 mm, and rotary
speed of 1400 rpm. On the other hand, dried CFA already exhibited the needed fineness and would
not need further grinding. Both raw material samples were then screened using a Tyler mesh sieve
passing 50 mesh (0.297 mm). Analytical grade sodium silicate (water glass solution with 34.13% SiO2,
14.65% Na2O, 51.22% H2O) with a silica modulus of 2.33, and sodium hydroxide flakes with 98% purity
(manufactured by Formosa Plastic Corporation, Kaohsiung, Taiwan) were used in the study as the
alkali activator components.

2.2. Raw Material Characterization Procedure

A particle size distribution (PSD) analysis of both raw materials was performed using a Tyler
standard sieve series (Thomas Scientific, Swedesboro, NJ, USA.) ranging from mesh 4 to mesh
200 (4.75 mm to 0.075 mm) in a vibrating screen.

The chemical compositions of raw NMW and CFA were performed with X-ray fluorescence
spectroscopy using Horiba Scientific XGT-7200 X-ray analytical microscope (Horiba Ltd., Kyoto, Japan)
with an X-ray beam generation of 50 kV voltage and 35 A current.
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The mineralogical analysis was also performed for both raw materials using a Multiflex Rigaku
automated powder x-ray diffractometer (XRD) (Rigaku Corporation, Tokyo, Japan) (λCu Kα

= 1.54 Å,
Voltage = 40 kV, Current = 30.0 mA) with a measuring angle of 5–60◦.

Scanning electron microscope (SEM) captured the morphological images and properties of raw
materials using a FESEM Dual Beam Helios Nanolab 600i (FEI, Hillsboro, OR, USA.) with a voltage of
2.0 kV and beam current of 43 pA equipped with energy-dispersive X-ray spectroscopy (EDS) with a
voltage of 15.0 kV and a beam current of 0.69 nA.

2.3. Toxicity Characteristic Leaching Procedure (TCLP)

Toxicity characteristic leaching procedure using US EPA Method 1311 was performed for both
raw materials. This procedure is to determine the heavy metal leachability property, whether these
materials are hazardous or not. The parameters used were liquid to solid ratio of 20:1 and an agitation
speed of 30 rpm for 12 h. Leachate was then analyzed using an Agilent Technology inductively coupled
plasma–mass spectrometry (ICP-MS) and Agilent 5100 inductively coupled plasma-optical emission
spectroscopy (ICP-OES), both are done by a third-party laboratory.

2.4. Thermal Activation of Nickel-Laterite Mine Waste (NMW)

Pretreatment of NMW by thermal activation was performed first before experimental runs were
conducted [7]. NMW samples were heat treated in the laboratory furnace at a ramping rate of 10 ◦C
per minute to attain a temperature of 700 ◦C at a holding time of 2 h. The samples were left inside the
furnace to be cooled down to room temperature after soaking at 700 ◦C.

2.5. Experimental Procedures and Runs

The design of the experiment was based on an I-optimal design, which is a mixture experiment
intended to predict the responses for all possible formulations of the mixture and to identify optimal
proportions for each of the ingredients minimizing the average variance of prediction. Table 1 shows the
factors used in the mixture design like the activator-to-precursor ratio of 0.429 to 1.0 [8,11], NMW-CFA
content (% NMW) of 50% to 100% [9,12] and SH-to-SS ratio of 1:2 to 2:1 [10,13].

Table 1. Parameters of each factor and level for geopolymer synthesis.

Factors Low Level Mid Level High Level

1. Activator-to-precursor ratio 0.429 0.667 1.0

2. NMW-CFA content, as % NMW 50% 75% 100%

3. SH-to-SS ratio 1:2 1:1 2:1

The performance of the different factors was evaluated independently using runs randomly
ordered by Design-Expert 11 (Design-Expert® software, version 11). A total of 18 runs were generated,
with three as replicate points. The 18 experimental runs are shown in Table 2 with different combinations
of factor levels.

2.6. Geopolymer Synthesis

For geopolymer preparation, run number 15 is the basis of the amounts of raw materials used.
A 500 g of precursor (50% NMW + CFA) was prepared and set aside first for mixing later. With an
activator-to-precursor of 0.438, the alkali activator was prepared first by mixing 71 g of 12 M sodium
hydroxide (SH) with 143 g sodium silicate solution (SS). Then, 250 g of CFA was mixed with the
prepared alkali activator. Manual mixing was done for at least 5 min until the consistency of the
CFA-activator mixture was homogenized. Another 250 g NMW was then added to the mixture,
and the second stage of manual mixing was done for at least 5 min until the consistency of the
mixture was homogenized. During mixing, it must be noted that the mixture hardens immediately.
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After stabilization, the geopolymer was placed in a square mold made of polyethylene material with
a dimension of 50 mm × 50 mm × 50 mm. The prepared geopolymer can make 3 square molds.
The molded sample was set for at least 24 h before it was demolded. The demolded sample was then
placed in a polyethylene Ziploc. Next, the air was removed manually from the Ziploc before sealing.
The sealed geopolymer samples were then placed in an oven at 80 ◦C for 24 h. Lastly, the samples were
cured for 28 d at ambient temperature before further test and analysis.

Table 2. Experimental runs in standard order.

Std Order Run Order
Factor 1:

Activator-to-Precursor Ratio

Factor 2:
NMW-CFA Content

as % NMW

Factor 3:
SH-to-SS Ratio

1 15 0.4286 50% 1:2

2 5 1.0000 50% 1:2

3 6 0.4286 75% 1:2

4 10 0.6667 100% 1:2

5 16 1.0000 100% 1:2

6 9 0.6667 50% 1:1

7 1 0.6667 50% 1:1

8 2 0.6667 75% 1:1

9 11 0.6667 75% 1:1

10 8 0.6667 75% 1:1

11 4 1.0000 75% 1:1

Std Order Run Order
Factor 1:

Activator-to-Precursor Ratio

Factor 2:
NMW-CFA Content

as % NMW

Factor 3:
SH-to-SS Ratio

12 12 0.4286 100% 1:1

13 3 0.4286 50% 2:1

14 7 1.0000 50% 2:1

15 18 0.6667 75% 2:1

16 17 1.0000 75% 2:1

17 14 0.4286 100% 2:1

18 13 1.0000 100% 2:1

2.7. Unconfined Compressive Strength (UCS)

Unconfined compressive strength (UCS) was the response variable to evaluate the engineering
property of the geopolymer specimens. It was performed following ASTM C109/C109M. This test
method covers the determination of the compressive strength of hydraulic cement mortars, using 2-inch
(50-mm) cube specimens to determine compliance with specifications.

3. Results and Discussions

3.1. Raw Material Characterization

3.1.1. X-ray Fluorescence Spectroscopy (Chemical Composition)

The elemental analysis of NMW and CFA is shown in Table 3, which is primarily composed
of oxides of iron (Fe2O3), silicon (SiO2), calcium (CaO), aluminum (Al2O3), magnesium (MgO),
and nickel (NiO). Trace elements in both samples include oxides of manganese (MnO), titanium (TiO2),
potassium (K2O), and silver (Ag2O). NMW contains an oxide of chromium (Cr2O3), which is not
present in CFA but contains oxides of strontium (SrO) and sulfur (SO3). The composition of both
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raw materials showed that it could be a geopolymer precursor because of the high presence of silica
and alumina.

Table 3. Chemical Composition of raw nickel–laterite mine waste (NMW) and coal fly ash (CFA).

Mass % SiO2 Al2O3 Fe2O3 CaO MgO NiO Cr2O3 MnO TiO2 K2O Ag2O SrO SO3 LOI

NMW 20.54 2.79 47.68 5.46 4.23 1.94 0.85 0.38 0.25 0.35 0.04 - - 15.50

CFA 26.12 8.01 22.70 29.35 1.98 0.03 - 0.23 0.97 0.89 0.12 0.30 5.31 4.0

- No detection in the analysis.

3.1.2. Particle Size Distribution

The particle size distributions of NMW and CFA are shown in Figure 1. The particle size of NMW
is between 0.075 to about 2.36 mm with D50 (median diameter) of about 0.25 mm. At the same time,
the particle size of CFA is between 0.0013 mm to about 4.75 mm with D50 (median diameter) of about
0.425 mm.

 

m. 

 

‐

‐

Figure 1. Particle size distribution (PSD) of (a) nickel–laterite mine waste and (b) coal fly ash.

3.1.3. Leachability of Metals Based on Toxicity Characteristics Leaching Procedure (TCLP)

Numerous studies have shown that under certain conditions, coal fly ash releases traces of heavy
metals to the environment [14–16]. With this condition and the possibility of NMW leaching out
heavy metals, the TCLP method was employed in this study for geopolymer precursors. This test
determines the mobility of organic and inorganic analytes present in the liquid, solid, and multiphase
waste [17]. Furthermore, it simulates the conditions that may be present in a landfill where water may
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pass through the landfilled waste and travel into the groundwater carrying the soluble materials with
it. Table 4 shows the leachability of NMW and CFA. Indication suggests that the metallic components
in both samples are well below the TCLP limits and considered non-hazardous according to the United
States Environmental Protection Agency limits [18] and Philippines’ DENR Administrative Order
2013-22 Standards for the Management of Hazardous Wastes [19].

However, it should be noted that initial leachability results warrant further study. For example,
one study considers the limitations of such a test and emphasized that the test mimics leachate in landfills
with lower pH and higher organic acid content than most of the municipal solid waste (MSW) [20].
Other factors need to be considered, as demonstrated by previous studies [21–23]. The mobility of
trace elements and heavy metals in the environment depends mainly on the properties of solution and
solids, such as pH, redox potential, chemical composition, surface properties, and mineral contents.

Table 4. Toxicity characteristic leaching procedure (TCLP) Analysis of raw materials samples in mg/L.

Raw Material Ag As Ba Cd Cr Hg Ni Pb Se

CFA 0.00051 0.069 2.544 0.00042 0.035 0.00085 0.214 0.0027 0.0228

NMW 0.00045 0.00005 0.108 0.00037 0.19 0.0001 2.929 0.00335 0.001

TCLP limit a 5.0 5.0 100.0 1.0 5.0 0.2 - 5.0 1.0

Class A b - 0.01 0.7 0.003 0.01 0.001 0.02 0.01 0.01

Class C b - 0.02 3 0.005 0.01 0.002 0.2 0.05 0.02
a US Environmental Protection Agency [18] and Philippines’ DAO 2013-22 Standards for the Management of
Hazardous Wastes [19].; b Philippines DAO 2016-08 Water Quality Guidelines and General Effluent Standards [24];
- No regulatory limit.

Moreover, the TCLP result is compared with the Philippine regulatory standard for Class A
and Class C water body quality (Table 4) based on DENR Administrative Order 2016-08 on Water
Quality Guidelines and General Effluent Standards. These classifications and parameters are intended
to maintain and preserve the quality of all water bodies based on their intended beneficial usage.
Class A is intended for drinking water supply sources after conventional treatment, while Class C is
intended for agriculture and irrigation [23,24]. While not conclusive, TCLP results suggest that both
raw materials could potentially leach high quantities if beneficially used in an unconsolidated matter
such as arsenic in CFA for both water classes. However, because TCLP simulates conditions within
the environment (i.e., landfill) that are different from beneficial use scenarios, the values presented
in Table 5 are higher than those obtained using non-buffered extractants such as distilled water [25].
The added benefit of comparing these values is that there is conservatism with the comparison.

Nevertheless, TCLP is still widely used as a test to determine if individual material is hazardous
since the test function is a conservative predictor of leaching. In the Philippines, the same limit and
test are also used to classify hazardous wastes, as stated in the DENR Administrative Order 2013-22 on
Hazardous Waste Management Procedural Manual [19].

On the other hand, the leachability of the NMW-CFA geopolymer is also worthy to note as the
alkalinity of the leachates of the precursors (NMW and CFA) or the geopolymer itself can influence the
leachability behavior of inorganic pollutants [26]. With this, some of the heavy metals initially present
may be more mobile due to higher pH values and warrant further investigation on the geopolymer [23].
For example, a study by Tigue et al. using a modified percolation test set-up has shown that the
arsenic leached out in high concentration compared with other heavy metals present in the geopolymer
sample [27]. On the other hand, some studies have also revealed that geopolymer technology is an
effective technique in the immobilization of heavy metals. For instance, Ahmari et al. confirmed that
heavy metals were found to be effectively immobilized in mine tailing geopolymer bricks [28]. Thus,
this will be considered in future work, especially that the mobility of metals present in the material
varies depending on the condition.
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3.1.4. X-ray Diffractometer (XRD)

The XRD patterns of CFA and NMW are shown in Figure 2. It was detected that CFA
contains minerals such as endellite, julgoldite, quartz, magnetite, troilite, and maghemite. The most
substantial peak intensities in this pattern were quartz, which is a typical XRD pattern for coal
fly ash similar to other studies [1,9]. On the other hand, NMW had various minerals identified;
however, minerals that were dominantly detected include silhydrite, montmorillonite, kaolinite,
santafeite, dickite, sodalite, szymanskiite, nontronite, moganite, tridymite, quartz, ferrosaponite,
chegemite, maghemite, and goethite. Most minerals identified contain Fe, namely santafeite, nontronite,
ferrosaponite, maghemite, and goethite, which can be matched with the XRF analysis with the highest
composition at 47.68% Fe2O3. Table 5 summarized the minerals with their corresponding chemical
formula. Most of the minerals for both samples contain Si and Al or aluminosilicate materials, which is
a good indication for a geopolymer precursor. Moreover, broad peaks between 26–27◦, 35–37◦ 2θ for
CFA, and between 19–23◦, 33–37◦ 2θ for raw NMW may correspond to the amorphous content of the
material. It is believed that the amorphous content of the material has played a significant role in
geopolymerization due to its reactive nature. This inference can be correlated with the study reported
in Jaarsveld et al., wherein materials having high amorphous content were found to yield a geopolymer
having a better mechanical property in binders [29].

 

θ
θ

 

γ‐

Figure 2. Mineralogical pattern (XRD) of raw materials (a) CFA and (b) NMW.

Table 5. List of detected minerals for NMW and CFA.

Mineral ID Abbreviation c Chemical Formula

CFA

Endellite End Al2Si2O5(OH)4·2(H2O)

Julgoldite Jul Ca2Fe3+(Fe3+,Al)2(SiO4)(Si2O7)(O,OH)2·(H2O)

Quartz Qz SiO2

Magnetite Mag Fe3O4

Maghemite Mgh γ-Fe2O3

Hematite Hem Fe2O3

Troilite Tro FeS
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Table 5. Cont.

Mineral ID Abbreviation c Chemical Formula

NMW

Silhydrite Sih 3SiO2·(H2O)

Montmorillonite Mnt (Na,Ca)0,3(Al,Mg)2Si4O10(OH)2·n(H2O)

Kaolinite Kln Al2Si2O5(OH)4

Santafeite San (Mn,Fe,Al,Mg)2(Mn4+,Mn2+)2(Ca,Sr,Na)3(VO4,AsO4)4(OH)3·2(H2O)

Dickite Dck Al2Si2O5(OH)4

Sodalite Sdl Na8Al6Si6O24Cl2

Szymanskiite Szy Hg+16(Ni,Mg)6(H3O)8(CO3)12·3(H2O)

Nontronite Non Na0.3Fe3+2(Si,Al)4O10(OH)2·n(H2O)

Moganite Mog SiO2

Ferrosaponite Fsap Ca0.3(Fe2+,Mg,Fe3+)3(Si,Al)4O10(OH)2·4(H2O)

Tridymite Trd SiO2

Chegemite Che Ca7(SiO4)3(OH)2

Mineral ID Abbreviation c Chemical Formula

Maghemite Mgh γ-Fe2O3

Goethite Gth Fe3+O(OH)
c Nomenclature of minerals is based on the International Mineralogical Association (IMA). Minerals not found in
the table are abbreviated based on the format of Kretz as cited by Whitney et al. [30].

3.1.5. Scanning Electron Microscope

SEM images of raw materials were also captured, as shown in Figure 3. The structure of the raw
NMW is platy and loose with sheets, which is favorable for water storage [31]. On the other hand,
CFA images show that most of the particles are spherical (cenosphere) or are occurring as microspheres
and are looser than the NMW particles. These microspheres increase the specific surface area of the fly
ash [32]. Thus, there is a high probability that the total surface area of CFA is higher than a coarser
platy structure, which may make the CFA more reactive than NMW.

 

γ‐
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Figure 3. SEM images at magnification 3000× for (a) raw nickel–laterite mine waste and (b) coal fly ash.

3.2. Compressive Strength

The unconfined compressive strengths of the synthesized geopolymer were observed to range
from 1.93 MPa up to 22.14 MPa after 28 d (Figure 4). The experimental formulation mix number 15 with
an activator-to-precursor ratio of 0.429, 50% NMW, and with SH-to-SS ratio of 1:2 yielded the highest
value making it the best mix sample among other runs. The sample with an activator-to-precursor
ratio of 1, 100% NMW with 2 parts of sodium hydroxide and 1-part sodium silicate (SH-to-SS ratio of
2:1) resulted in deflocculation of NMW; hence it did not harden. This result is due to the following:
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(1) the precursor is made from 100% NMW, which is not that reactive as CFA; (2) the high ratio of
SH-to-SS and low reactive Si and Al content of NMW resulted in excess amounts of NaOH and water.
Additional water generally improves the workability of the geopolymer paste made from a precursor
with high water holding capacity such as NMW. However, the excess water content can cause a dilution
effect, which affects the geopolymerization and, consequently, the number of active components that
can be mobilized [33]. It was also observed that the higher viscosity of concentrated NaOH solution
hindered the evaporation of excess water. This result means that the geopolymeric paste needs more
time or higher curing temperature to gain better or full strength [34,35].

 

 

‐ ‐

‐

‐ ‐

‐ ‐

‐
‐ ‐

 

Figure 4. Comparison of unconfined compressive strength at different mix proportions.

3.3. Model Statistics

The summary of model statistics suggested that the analysis model is quadratic with an adjusted
R-squared of 92.69% and a predicted R-squared of 80.97%, as shown in Table 6.

Table 6. Summary of model statistics for UCS.

Source Std. Dev. R2 Adjusted R2 Predicted R2 Remarks

Linear 3.10 0.823 0.785 0.704

2FI 2.64 0.899 0.844 0.748

Quadratic 1.81 0.966 0.927 0.801 Suggested

Cubic 0.716 0.998 0.989 Aliased

The analysis of variance (ANOVA) for the quadratic model, shown in Table 7, indicates that the
model is significant. However, there are quadratic model terms with insignificant p-values, which the
model must be reduced, as shown in Table 8.
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Table 7. ANOVA for the quadratic model.ANOVA for the quadratic model.

Source Sum of Squares df Mean Square F-Value p-Value Remarks

Model 735.05 9 81.67 24.94 <0.0001 significant

A—activator-to-precursor ratio 99.69 1 99.69 30.44 0.0006 significant

B—NMW-CFA content 320.70 1 320.70 97.93 <0.0001 significant

C—SH-to-SS ratio 107.22 1 107.22 32.74 0.0004 significant

AB 24.69 1 24.69 7.54 0.0252 significant

AC 0.02 1 0.02 0.01 0.9451 not significant

BC 27.62 1 27.62 8.43 0.0198 significant

A2 0.45 1 0.45 0.14 0.7200 not significant

B2 25.45 1 25.45 7.77 0.0236 significant

C2 4.22 1 4.22 1.29 0.2890 not significant

Residual 26.20 8 3.27

Lack of fit 24.66 5 4.93 9.61 0.0458 significant

Pure error 1.54 3 0.51

Cor total 761.25 17

Table 8. ANOVA for the reduced quadratic model.

Source Sum of Squares df Mean Square F-Value p-Value Remarks

Model 727.58 6 121.26 39.61 <0.0001 significant

A—activator-to-precursor ratio 95.31 1 95.31 31.13 0.0002 significant

B—NMW-CFA content (% NMW) 315.15 1 315.15 102.94 <0.0001 significant

C—SH-to-SS ratio 100.18 1 100.18 32.72 0.0001 significant

AB 29.33 1 29.33 9.58 0.0102 significant

BC 28.54 1 28.54 9.32 0.0110 significant

B2 44.58 1 44.58 14.56 0.0029 significant

Residual 33.68 11 3.06

Lack of fit 32.14 8 4.02 7.83 0.0591 not significant

Pure error 1.54 3 0.5133

Cor total 761.25

3.4. Factors Affecting Compressive Strength

All three factors significantly affect the compressive strength of the synthesized geopolymer
based on ANOVA (Table 8). Representative plots of the relationship of individual factors with their
compressive strength are shown in Figure 5. All factors namely activator-to-precursor ratio (A),
percentage NMW (B) and SH-to-SS ratio (C) show the same effect to the compressive strength which
increases as individual factor decreases.

Factors affecting the compressive strength of geopolymers are related to the mechanisms involved
in the alkaline activation of various aluminosilicate precursors. Garcia-Lodeiro et al. reviewed various
geopolymerization models that can be summarized as follows: initially, the contact between the solid
aluminosilicate source and the alkaline solution causes the glassy or amorphous precursor components
to dissolve, releasing aluminates and silicates, probably as monomers. These monomers interact to
form dimers, trimers, tetramers, and so on. When the solution reaches saturation, an aluminosilicate
gel called N-A-S-H undergoes precipitation and restructuring. This step determines the composition,
structure, and physical properties of the resulting geopolymer [36].
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Figure 5. One-factor plot.

Based on the above mechanism, the amount and reactivity of precursors and alkaline activating
solutions are crucial in geopolymer synthesis and properties. This result may have been because
more precursor is present in the system to participate in the geopolymerization process. In the
study of Pacheco-Torgal et al. [37], it suggested that aside from the composition of the precursor
materials, the relative amount of the precursor and composition of the alkaline activators also affect
the strength and other properties of geopolymers. This observation may be due to the increase
in coal fly ash percentage, which is more reactive than the NMW. The decrease of SH-to-SS ratio
means more SS in the solution, which means more SiO3 content in the system can participate in the
geopolymerization reaction.

Figure 6 shows the interaction graph of AB and BC. The interaction of factors A
(activator-to-precursor ratio) and B (% NMW) shows that the compressive strength increases as
both factors decrease (Figure 6a). The interaction AB shows that the trend of compressive strength is
affected when %NMW (B) is changed from 50% to 100%. At 100% NMW, the change in compressive
strength is less obvious when the activator-to-precursor ratio (A) is changed. Decreasing the % NMW
(B) corresponds to the increase of CFA content in the system, in which CFA is more reactive for
geopolymerization. Moreover, when the activator-to-precursor ratio (A) decreases, a higher precursor
amount is present in the system. When the amount of precursor is increased, the geopolymerization
reaction is boosted because of the high reactivity of CFA, increasing the compressive strength of
the product. Similarly, Figure 6b also shows the interaction of factors B (% NMW) and C (SH-to-SS
ratio) that compressive strength also increases as both factors B and C decreases. The interaction BC
shows that when SH-to-SS ratio (C) is increased from 0.5 to 2, the trend of the compressive strength
decreased slowly when % NMW (B) is increased from 50% to 100%.The possible explanation for
this is that when % NMW is decreased, more CFA is present in the system. This interaction can be
further explained by the mineralogy of the precursors. The XRD of the NMW shows that it has less
active aluminosilicate components than CFA. Thus, increasing the amount of CFA in the precursor
mix improves the reactivity and influence the compressive strength of the final geopolymer mixture.
Moreover, when SH-to-SS is decreased, it means a high value of SS (Na2SiO3) is present. The SH may
have easily dissolved the reactive aluminosilicates in both the NMW and CFA, so less hydroxide is
needed before the geopolymerization process. Thus, SS is considerably needed as a binding source
and promoter of hardening [38].
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Figure 6. Interaction graph.

3.5. Regression Model

The regression result further explains the result of ANOVA. The resulting linear regression model
based on these observed values is as follows:

Y = 86.337− 30.408A− 1.310B− 11.408C + 0.268AB + 0.0996BC + 0.0052B2 (1)

where:

Y = Compressive strength, MPa

A = Activator− to− precursor ratio

B = NMW −CFA content, % NMW

C = SH − to− SS ratio

From Equation (1), it can be observed that factor B (% NMW) can significantly affect the compressive
strength of the geopolymer as it is present in 4 out of 7 coefficients in the equation. Based on the
regression model, the compressive strength decreases linearly with B (% NMW) while increases
with the following second-order terms: AB, BC, and B2. However, as shown in Figure 5 (One-factor
plot), the observed inverse relationship of compressive strength and B (% NMW) is more prevalent
compared to the direct relationship of the 2nd degree involving B (% NMW) to the compressive
strength. This model is expected since these are primary raw materials containing SiO2 and Al2O3,
which are necessary components to undergo geopolymerization. The decrease in % NMW corresponds
to the increase of CFA content in the mixture. The raw material characterization of CFA suggests
that it could be more reactive than NMW, and thus, the modification of the percentage from 100% to
50% NMW enhances the compressive strength. Moreover, CFA has higher SiO2 and Al2O3 content.
Thus, when the amount of CFA is increased, more aluminosilicate can participate in the reaction [5].
Furthermore, the increase of SiO2 and Al2O3, with the additional presence of Fe3+ in the mixture,
may also influence the compressive strength of the product by replacing or substituting Al3+ by Fe3+

in the octahedral sites of an aluminosilicate structure [39,40]. This model indicates that the proper
selection of precursors needs to be determined using characterization methods. Lastly, the I-optimal
design of the experiment can help us fine-tune the mix design of the geopolymer for the sampling and
selection of a new precursor source [38].

3.6. Response Surface Methodology (Optimization)

The numerical optimization tool of the Design-Expert software was used to find the optimal
point on the response surface to maximize the unconfined compressive strength of the synthesized
geopolymer. The selected values were followed in the region where maximum strength can be seen,
which from Figure 7, it can be observed that the maximum strength is approaching the minimum
values of all the factors. With desirability of 1.0, the calculated optimized mix formulation is obtained
with an activator-to-precursor ratio of 0.438, percent NMW of 50.1%, and an SH-to-SS ratio of 0.520.
The predicted value is calculated at 22.9 MPa with a predicted R2 equivalent of 0.890.
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Figure 7. Response surface of unconfined compressive strength.

3.7. Confirmatory Run

Using the calculated optimized mix formulation obtained with an activator-to-precursor ratio of
0.438, percent NMW of 50.1%, and an SH-to-SS ratio of 0.520, a confirmatory run of the synthesized
geopolymer was performed. The unconfined compressive strength of the confirmatory run was
obtained to be 36.3 MPa with a deviation of −58.0% (Table 9).

Table 9. Predicted and observed values of unconfined compressive strength (UCS) of the
confirmatory run.

A—Activator-to-
Precursor

Ratio

B: NMW-CFA
Content

(% NMW)

C: SH-to-SS
Ratio

Predicted UCS
MPa

Observed UCS
MPa

% Deviation

0.438 50.1 0.520 22.9 36.3 −58.0%

The deviation of −58.0% could be attributed to the noise that was not controlled and measured
during the experiment. Nonetheless, the result is in reasonable agreement with the predicted R2

equivalent to 0.8902. The deviation may be attributed to the uncontrolled external factors, such as the
type and strength of manual mixing of raw materials, the person who performed the mixing, and the
UCS equipment used for the optimized sample analyzed by a third party.
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3.8. Morphological Properties of Synthesized Geopolymer

Figure 8 shows the different images of synthesized geopolymer with different NMW-CFA content.
Synthesized geopolymer using 100% NMW has several voids and more unreacted NMW, resulting in a
lower compressive strength than a matrix with a compact structure. The morphology of geopolymer
with 75% NMW has cemented surfaces but with fewer voids and fewer unreacted NMW, which can
be a basis of a higher compressive strength than the previous geopolymer. Geopolymer with 50%
NMW has the most apparent or widest distribution of cemented surfaces among the geopolymers,
which signifies a higher compressive strength. Although, there are some spherical shapes seen, which is
unreacted coal fly ash. On the other hand, the optimized sample has a larger cemented surface area,
which explains its highest compressive strength for all the samples.
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‐

Figure 8. SEM images of synthesized geopolymer at different precursor mix (1000×) with
corresponding UCS.

3.9. Potential Engineering Application

Table 10 shows the unconfined compressive strength of the synthesized geopolymer (optimized,
50% NMW, 75% NMW, and 100% NMW) and compared it to several types of concretes. Based on the
standard unconfined compressive strengths, the synthesized geopolymers can have a potential
application for concrete structures and concrete pavers, pedestrian and light traffic pavers,
and plain concretes.

Table 10. Comparison of unconfined compressive strength from the standard materials.

Material Mixture Application UCS (MPa) Source

Class A Concrete OPC-sand mixture Concrete structures and
concrete pavements 20.7

DPWH and ASTM
Standards [41,42]

Class C Concrete OPC-sand mixture Pedestrian and light traffic
paver 20.7

Class B Concrete OPC-sand mixture Plain concrete for structure
(curbs, gutter, sidewalks) 16.5

Class F Concrete OPC-sand mixture Plain concrete for leveling 11.8

Geopolymer

Optimized sample Pavers, bricks 36.3 ± 3.6

This study, 2020
50% NMW; 50% CFA Pavers 22.1 ± 5.4

75% NMW; 25% CFA Coring bricks 13.7 ± 2.9

100% NMW Clay bricks 4.42 ± 0.3
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4. Conclusions

This paper presents an experimental study to produce an optimized geopolymer material that
yields the highest value of unconfined compressive strength from the mixture of nickel–laterite mine
waste (NMW), coal fly ash (CFA), and an alkali activator with components of sodium hydroxide (SH)
and sodium silicate (SS). The optimum formulation mix was found to have an activator-to-precursor
ratio of 0.428% NMW of 50.1%, and SH-to-SS ratio of 0.520, which produces a geopolymer with an
average 28-day compressive strength of 36.3 MPa. This value is comparable to ordinary Portland
cement for concrete structures and pavers, pedestrian pavers, light traffic pavers, and plain concrete.

SEM/EDX also showed that the optimum formulation has a cemented surface, resulting in a high
unconfined compressive strength. The sample with low compressive strength was observed to have
large voids in the microstructure, explaining its lower unconfined compressive strength.

Future work includes exploring the leachability of the NMW-CFA mixture to evaluate further the
leachability of different mixtures, which may affect its pH during the test. Moreover, the leachability
behavior of the NMW-CFA geopolymer product warrants further investigation as the nature of the
material becomes more basic. Exploring the effect of the iron content of the NMW in the synthesis
of the geopolymer, curing conditions, and other formulation mixes of the synthesized geopolymer
should also consider in future studies. Other engineering properties can also be explored like water
absorption, flexural strength, shrinkage, heat resistance, and porosity for other engineering applications
like filtrations, panel boards, bricks, tiles, and other ceramic and building applications.
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Abstract: In this study, copper slag reprocessing tailings (CSRT) were synthesized into geopolymers
with 40%, 50% and 60% metakaolin. The evolution of compressive strength and microstructures
of CSRT-based geopolymers in a marine environment was investigated. Except for compressive
strength measurement, the characterizations of X-ray diffraction (XRD), Fourier-transform infrared
spectroscopy (FTIR), nuclear magnetic resonance (NMR) and scanning electron microscopy
(SEM) were included. It was found that marine conditions changed the Si/Al ratio in the
sodium-aluminosilicate-hydrate (N-A-S-H) gel backbone, promoted the geopolymerization process,
led to more Q4(3Al), Q4(2Al) and Q4(1Al) gel formation and a higher compressive strength of
the geopolymers. This provided a basis for the preparation of CSRT-based geopolymers into
marine concrete.

Keywords: copper slag reprocessing tailings; geopolymer; microstructure; NMR

1. Introduction

Massive quantities of copper mine tailings are discharged from the beneficiation of the copper mine,
which causes some environmental problems such as contamination of surrounding air, water bodies
and soils, when disposed of in tailings storage facilities without rehabilitation [1,2]. Therefore, it is
necessary to develop methods to reprocess the mine tailings to relieve their adverse impacts, whilst,
at the same time, recycle resources and increase economic benefit. In the past decade, researchers
used alkaline activation or the geopolymerization process for the consolidation of tailings [3,4].
Accordingly, the tailings are employed as raw materials in the alkaline activation process, in which
the aluminosilicates in tailings are attacked by alkalis to decompose monomers and then to regroup
and harden. For example, Ahmari et al. used sodium hydroxide as an alkaline activator to prepare
copper mine tailings-based geopolymers, which were suitable for application of road base material at a
room temperature [5]. Cristelo et al. applied fly ash as additive, and sodium hydroxide and sodium
silicate as alkaline activators to prepare high-sulfur copper mine tailings-based geopolymer, which
had a maximum compressive strength of 23.5 MPa [6]. Generally, mine tailings contain a substantial
amount of crystal minerals and exhibit inert in geopolymeric reaction, so that the calcination of the
tailings or addition of calcined materials (e.g., metakaolin and slag) is usually necessary; the reasons
are: (1) the calcined materials (e.g., metakaolin and slag) have a large amount of silicon, aluminum
and calcium, which are vital elements required for geopolymerization, (2) the calcined raw materials
usually have a fast dissolution and gelation rate that makes geopolymers show high early compressive
strength. [7]. The calcination induces dehydroxylation of the precursor materials and enhances their
amorphous phase content, so that the dissolution of silicate and aluminate monomers is favorable in
the formation of sodium-aluminosilicate-hydrate (N-A-S-H) gel [8].
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Recently, geopolymer has become an emerging marine material, because of its particular
microstructure. Some researchers considered the compact tetrahedral aluminosilicate structure
might protect the geopolymer concrete from attack by corrosive ions in harsh marine conditions [9,10].
For instance, a metakaolin-based geopolymer was synthesized with sodium hydroxide and sodium
silicate mixture as alkaline activator and exposed to seawater for 28 days, whose compressive strength
exceeded 20 MPa [11]. Therefore, in this work, copper slag reprocessing tailings (CSRT)-based
geopolymers were prepared and characterized in marine environment, in order to provide guidance
for the preparation of tailings into marine concrete. Copper tailings have a significant amount of
silicon, aluminum and calcium, which are crucial elements needed for geopolymerization. It was
hypothesized that (1) the slag flotation tailings would have higher reactivity than other copper
mine tailings in the geopolymerization process; (2) the formed geopolymers would have higher
resistance against corrosion in the marine environment than ordinary Portland cement (OPC) concrete.
After preparation, the CSRT-based geopolymers cured in air, artificial seawater and heat–cool cycles in
seawater were analyzed.

2. Experimental

2.1. Materials

Copper mine tailings were obtained from the copper slag reprocessing tailings of Zijin Shan,
Longyan, Fujian province, China. Kaolinite was purchased in Wuhan, Hubei province, China,
which was used to prepare metakaolin through calcination at 800 ◦C for 6 h. Figure 1 gives the size
distribution of the CSRT and metakaolin measured by a laser diffraction analyzer (LS-CWM, Omec,
Zhuhai, China), in which the d50 and d85 are 16.81 and 36.71 µm for CSRT, and 2.38 and 3.52 µm for
metakaolin, respectively. Table 1 shows the chemical composition of the CSRT and metakaolin analyzed
by an X-ray fluorescence instrument (XRF, Axios advanced, PANalytical B.V., Almelo, The Netherlands).
The CSRT mainly contained SiO2 (28.19%) and Fe2O3 (57.83%), while SiO2 (52.67%) and Al2O3 (41.37%)
were the main components of the metakaolin. Figure 2 shows the main components of the CSRT and
metakaolin characterized by X-ray diffraction (XRD, D8, Brucker, Karlsruhe, Germany). The CSRT
mainly contained magnetite and fayalite, while metakaolin showed an amorphous peak at 2θ of 15–30◦

and crystal phase in quartz. Sodium silicate (ACS reagent grade), employed as an alkali activator,
was bought from Aladdin Chemical Reagent (Shanghai, China) in the geopolymerization process.
Deionized water was used throughout the whole process.
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Table 1. Chemical composition of the, copper slag reprocessing tailings (CSRT) and metakaolin.

Components (%) SiO2 Al2O3 Fe2O3 MgO CaO TiO2 Na2O K2O

CSRT 28.19 4.24 57.83 1.101 1.906 0.303 0.525 0.81

Metakaolin 52.67 41.37 1.299 0.32 0.02 0.163 0.092 2.08
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Figure 2. XRD patterns of the CSRT and metakaolin.

2.2. Methods

For the synthesis of the CSRT-based geopolymer, the activating solution was prepared by sodium
silicate solution (6.17 M), and then mixed with the raw materials of CSRT and metakaolin for 10 min,
which were of 40%, 50% and 60% metakaolin and a total solid of 192 g. Subsequently, the mixture was
put into cubic steel molds (30 mm × 30 mm × 30 mm), which were vibrated to liberate air bubbles on a
vibration table for 5 min. Next, the molds were sealed with a plastic sealing bag and cured at 60 ◦C for
12 h and left at room temperature for 7 days to complete the hydrate process of geopolymers to get
the initial CSRT-based geopolymer. After that, the initial geopolymers were exposed or cured under
three types of environment for 30 days: (1) in air; (2) in artificial seawater; (3) in a heat–cool seawater
cycle. Geopolymers were exposed to artificial seawater at room temperature for 12 h and 12 h under
the cycle in a freezer (−18 ◦C). Artificial seawater with 10-fold concentration was made with 292.5 g/L
NaCl, 7.45 g/L KCl, 36 g/L MgSO4. The artificial seawater was renewed every seven days throughout
the whole curing process [12].

The compressive strength of the CSRT-based geopolymers was analyzed by a YAW-300 compression
and flexure machine from Jinan Tianchen manufacture (Jinan, China). Three geopolymer samples
were tested and the mean value was given in each measurement. The morphology and microstructure
of the geopolymers were characterized using a scanning electron microscope (SEM, Quanta 250, FEI,
Hillsboro, OR, USA) and XRD diffractometer. The geopolymer was ground to less than 75 µm to prepare
specimens for XRD measurements, in which Cu-Kα1 radiation and a scanning rate of 0.1◦/s from 5◦

to 90◦ of 2θ were used. The geopolymers were also analyzed for the microstructure by employing a
Fourier-transform infrared spectroscopy (FTIR, Nicolet, Thermo Fisher Scientific, Waltham, MA, USA),
of which transmittance spectra were obtained over a wavenumber of 400–4000 cm−1; the resolution
was 2 cm−1. The interactions of silicate in the geopolymers were measured by a 29Si nuclear magnetic
resonance (NMR, AVANCE III, Bruker, Zurich, Switzerland) instrument. Solid-state 29Si NMR spectra
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were collected at 99.35 MHz with a pulse width of 4 µs (i.e., 90 degrees for quantitative analysis) and a
relaxation delay of 3 s. The spectra were referenced to tetramethylsilane (TMS).

3. Results and Discussion

Figure 3 shows the compressive strength of CSRT-based geopolymers prepared with different
proportions of metakaolin and different exposures. The initial geopolymers, cured for 7 days, had a
compressive strength of 2.3 MPa, 7.8 MPa and 15.3 MPa when the proportion of metakaolin was 40%,
50% and 60%, respectively. The low value in compressive strength suggested that the CSRT had low
activity in the geopolymeric reaction. Moreover, metakaolin was obviously advantageous to increase
the compressive strength of the geopolymer. Compared to the initial geopolymers, the compressive
strength of the geopolymers that were exposed to air for 30 days had no obvious improvement or
lessening of strength. While for the geopolymers exposed to seawater for 30 days, the compressive
strength increased significantly to 10.7 MPa, 15.7 MPa and 32.6 MPa with 40%, 50% and 60% of
metakaolin addition, respectively. For exposure to heat–cool cycles of seawater, the increase in
compressive strength of geopolymers was less than those in seawater, which were 3.4 MPa, 10.2 MPa
and 23 MPa with 40%, 50% and 60% of metakaolin addition, respectively. These results show that
the compressive strength of the geopolymers was improved when exposed to seawater, which is in
agreement with previous studies. Sotya et al. reported that the compressive strength of geopolymers
was not affected by seawater immersion [11]. Jin et al. found that cations in seawater (e.g., Mg2+ and
K+) could diffuse into the aluminosilicate network structure of geopolymers to balance the negative
charge, making the gel structure stable [13].

 

 

θ θ

40% 50% 60%
0

7

14

21

28

35

C
om

pr
es

si
ve

 s
tre

ng
th

 (M
Pa

)

The proportion of metakaolin (%)

 in heat-cool cycle
 in seawater
 in air
 initial strength

Figure 3. Compressive strength of the geopolymers prepared with different proportions of metakaolin
and different exposures.

Figure 4 gives the XRD spectra of the geopolymers prepared with 60% metakaolin and which
underwent different exposures for 30 days. Compared to the XRD patterns of raw materials (Figure 2),
the crystal phases of quartz, magnetite, fayalite and muscovite remained after the geopolymeric
reaction. While for exposure in seawater, the solution penetrated pores and precipitated halite (NaCl)
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was observed. The range of broad peak at 2θ of 15–30◦ in metakaolin transformed into 2θ of 22–35◦ in
the geopolymers with different exposures, which indicates the formation of N-A-S-H gel [14,15].
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Figure 4. XRD spectra of the geopolymers prepared with 60% metakaolin.

Figure 5 shows the FTIR spectra of geopolymers prepared with 60% metakaolin and different
exposures. The absorption peaks at 3440 cm−1 and 1644 cm−1 are due to stretching vibrations of OH−,
and H-OH bonds of free water, respectively, corresponding to adsorbed H2O in geopolymers [16].
The absorption peak around 1453 cm−1 is assigned to asymmetric stretching of O-C-O bonds in CO3

2−

groups, due to carbonation in the curing and exposing process of geopolymers [17]. The peak at
699 cm−1 is the Si-O bonds in quartz, suggesting the quartz particles are insoluble in the geopolymeric
reaction [18]. The absorption peaks at 560 cm−1 and 460 cm−1 represent the zeolite framework in
the structure of the geopolymer [19,20], which indicates zeolite frameworks are formed during the
process. The band at about 1000 cm−1 is the Si-O-T bonds (T represents the tetrahedral Al or Si) in the
geopolymer gel [21]. It is sensitive to the Si/Al ratio in the geopolymer backbone, which could shift
toward the lower wavenumber at a low Si/Al ratio [22]. The wavenumber transformation indicates
the exposure in the heat–cool cycle and seawater, which changed the evolution of the N-A-S-H gel.
In addition, the higher intensity for the geopolymers exposed to seawater than in the heat–cool cycle
and in air, suggests the formation of higher proportions of N-A-S-H gel.

NMR spectroscopy is an excellent analytical method for characterizing the short-range ordering
and molecular structure of silicates [23,24]. It employs Gaussian peak deconvolution to overcome the
lack of spectra resolution and separate and quantify Qn(mAl) species (0≤ m ≤ n ≤4, m, n = integer).
The resonances at −74 and −79 ppm are assigned to (Q0) and (Q1), respectively, due to the presence
of silicate monomer and dimer [25]. The resonance at −104 ppm represents Q3(R) when H in OH is
substituted by alkali metal ion (Na+ or K+) in Q3 [2], and the resonance at −114 ppm corresponds to
the cristobalite in the geopolymers [26]. In geopolymer N-A-S-H gel, the Q4(4Al), Q4(3Al), Q4(2Al),
Q4(1Al), Q4(0Al) resonate at around −84, −89, −93, −99 and −108 ppm, respectively [19].
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Figure 5. FTIR spectra of the geopolymers prepared with 60% metakaolin and different exposures.

Figure 6 gives the 29Si NMR spectra and deconvolution of the raw metakaolin and CSRT-based
geopolymers prepared with 60% metakaolin and exposed differently for 30 days. Metakaolin
predominantly peaked at around −105 ppm. After geopolymerization, the 29Si NMR lines shifted
to less shielded values due to the geopolymeric reaction taking place to form N-A-S-H gel. For the
geopolymers exposed to air, the heat–cool cycle and seawater, the Si sites in silicate monomers (Q0)
are 1.39%, 1.26% and 1.23%, those in silicate dimer (Q1) are 8.63%, 6.65% and 6.10%, and in Q3(R) are
7.69%, 1.32% and 3.52%, but those in N-A-S-H gel (Q4(mAl), 0 ≤ m ≤ 4) are 79.21%, 90.77%, and 87.78%,
respectively. The Si sites in Q0 and Q1 slightly decrease and those in N-A-S-H gel increase when
the geopolymers are exposed to seawater, indicating that the Q0 and Q1 transformed into N-A-S-H
gel. It has been reported that the compressive strength relies on the amount of Q4(3Al), Q4(2Al) and
Q4(1Al) [27]. The percentages of Q4(3Al), Q4(2Al) and Q4(1Al) are 51.08%, 63.78% and 64.78% for
the exposures in air, heat–cool cycle and seawater, respectively, which explained the variation in
compressive strength of geopolymers. These results suggest that exposure in seawater promotes the
geopolymerization process.

Figure 7 shows the SEM morphology of the geopolymers that underwent different exposures for
30 days. The geopolymers exposed to both the heat–cool cycle and seawater showed homogenous and
compact structures, indicating geopolymers with 60% metakaolin can be consolidated well. However,
cracks were exhibited in geopolymers exposed to air. This result further confirmed that more N-A-S-H
gel was formed in the geopolymers that were exposed to both the heat–cool cycle and seawater, thereby
bridging the cracks, and thus increasing their compressive strength.

In this study, the geopolymers exposed to seawater showed a high formation of N-A-S-H
gel, thereby exhibited a higher compressive strength than the geopolymers exposed to air.
When geopolymers were exposed to the marine environment, alkaline ions (e.g., Mg2+, Na+) in
seawater functioned as balancing cations to the negative charge of the tetra-coordinated aluminum,
thereby promoting the geopolymerization process [28]. Therefore, for the geopolymers exposed to
seawater, more Si-O-T gel was formed (Figure 5) and the Q0 and Q1 species were transformed into
N-A-S-H gel (Figure 6).
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Figure 6. 29Si NMR spectra and deconvolution of the geopolymers prepared with 60% metakaolin.
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Figure 7. SEM images of the geopolymers prepared with 60% metakaolin.

4. Conclusions

Mine tailings after the flotation of copper slag are synthesized into geopolymers with the addition
of metakaolin (40–60%), which enhances their compressive strength. For the geopolymers exposed to
seawater, the Si/Al changed in the N-A-S-H gel backbone, more Q4(3Al), Q4(2Al) and Q4(1Al) gel and
fewer cracks formed, resulting in a higher compressive strength being observed for these geopolymers
than for those exposed to the heat–cool cycle of seawater and in air. This is attributed to the fact that
alkaline ions in seawater balance the negative charge of the aluminum tetrahedrons in geopolymers,
which promote the formation of N-A-S-H gel. As understanding the evolution of geopolymer in
marine environments is important, this study is of significance and would benefit the development
of marine concrete incorporating tailings. The optimization of compressive strength and long-term
durability of the CRST-based geopolymer and tailoring of CRST-based geopolymer marine concrete
should be studied in the future.
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Abstract: The mining of metal ores generates both liquid and solid wastes, which are increasingly
important to manage. In this paper, an attempt was made to use waste rocks produced in the mining
of zinc and lead to neutralizing acid mine drainage and alkaline flotation wastewater. Waste rock
is a quartz-feldspar rock of hydrothermal origin. It is composed of, besides quartz and potassium
feldspar (orthoclase), phyllosilicates (chlorite and mica), and sulfides (chiefly pyrite). To determine
its physicochemical parameters and their variability, acid mine water and flotation wastewater
were monitored for 12 months. Acid mine drainage (AMD) is characterized by a low pH (~3),
high zinc concentration (~750 mg·L−1), and high sulfate content (~6800 mg·L−1). On the other hand,
the determinations made for flotation wastewater showed, among others, a pH of approximately
12 and ca. 780 mg·L−1 of sulfates. AMD and flotation wastewater neutralization by the waste rock
was shown to be possible and efficient. However, in both cases, the final solution contained elevated
concentrations of metals and sulfates. Premixing AMD with alkaline flotation wastewater in the first
step and then neutralizing the obtained mixture with the waste rock was considered the best solution.
The produced solution had a circumneutral pH. However, the obtained solution does not meet the
legislative requirements but could be further treated by, for example, passive treatment systems. It is
noteworthy that the proposed approach is low cost and does not require any chemical reagents.

Keywords: acid mine drainage; alkaline flotation wastewater; waste rock; mining waste material

1. Introduction

The advancement of the mining industry and its improved efficiency entail an increase in the
generation of various types of waste. Lottermoser divided them into mining wastes (waste rocks,
mine waters, mine drainage sludges), processing wastes (tailings), and metallurgical wastes (bauxite
red mud, historical base metal smelting slags, phosphogypsum) [1,2]. The wastes most frequently
produced by processing plants result from mineral extraction, physical and chemical processing of
metal ores, physical and chemical processing of minerals other than metal ores, drilling muds, and other
drilling wastes. Mine wastes are estimated to be one of the largest waste streams in the world [3,4].
Existing waste management technologies are still not efficient enough and/or require large financial
outlays, therefore these solid, flotation wastewater or slurry are most often deposited at or near the
mine, and since they usually contain high concentrations of elements and compounds, they can harm
the environment. This can happen not only in the vicinity of the processing plant but also over a much
larger area, e.g., contamination of rivers streams, and lakes, the devastation of the landscape [5–9].
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It seems there is a pressing need to develop and apply solutions that are not only environmentally
friendly and efficient but also economically viable [10].

AMD is an issue that mines have been struggling with for decades. Its origin can be twofold.
In areas where minerals containing sulfides are present in the geological structure, the formation
of AMD is the result of chemical, physical, and biological complex processes. As a consequence of
the impact of water and air on the iron-bearing sulfides, mainly pyrite and pyrrhotite (oxidizing
conditions), the resultant processes, often including microbial activity, lead to AMD formation [11,12].
Pyrite oxidation, ferrous sulfur, and sulfuric acid are formed first, followed by reddish-orange
ferric oxyhydroxide with additional sulfuric acid. The resulting conditions allow for the further
dissolution of other minerals containing hazardous and toxic elements including arsenic, cadmium,
lead, and zinc [13–15]. Alongside pyrite and pyrrhotite, other sulfide-bearing minerals such as sphalerite,
galena, arsenopyrite, gersdorffite, or chalcopyrite contribute to the formation of AMD [16,17]. Acid
mine drainage can also be caused by human activity as a result of mining and processing works [18].
When the mine is in operation, it is necessary to maintain a sufficiently low level of groundwater.
The cessation of mining activities causes the abandoned excavations to slowly fill up with water. High
water oxygenation promotes the oxidation of sulfide minerals, especially pyrite. As a consequence of
the reactions, sulfates are formed and metals are released. Commonly fine-grained waste rocks, which
are exposed to the atmosphere, are stored in piles. Due to precipitation, geochemical weathering of
metal-containing primary minerals takes place. The result is an outflow of watercourses containing
significant loads of metals [17,19–21]. Over the years, many methods of AMD treatment have been
developed [11,22–27]. Generally, they can be divided into two categories: passive and active types
of acid mine drainage clean-up. One of the most well-studied and employed methods is based
on chemical neutralization with the use of limestone [22], which is characterized by its low cost
and wide availability. The result is a pH increase and, by precipitation, metal removal [17,28].
However, this method has some limitations due to its tendency to form an external coating caused by
secondary mineral precipitation [29]. This may result in a significant reduction of the concentration
of such elements, e.g., Cu, Ni, or Zn. In turn, in the presence of aqueous sulfate a gypsum sediment
precipitates [30]. What is more, such a solution would be effective enough for AMD treatment only
when the formation of AMD was temporary or short-term [15].

Problems with mine leachate treatment relate not only to AMD but also to other effluents generated
during operation and deposit processing. Many mines also transform the ore into the final product.
The most frequent ore dressing method is flotation. Briefly, pre-prepared rock material is subjected
to chemical processes and air. In this manner, a particular metal concentrate is obtained (solid/solid
separation). As usual, this type of process produces waste containing off-balance amounts of metals,
including heavy metals with a strongly acidic or strongly alkaline reaction. In recent years, many
attempts have been made to conduct post-flotation wastewater treatment [31–34]. Despite the many
available solutions, due to the specific nature of flotation, it is necessary to adapt them to the type
of waste being treated. Thus, storage in sedimentary tailings ponds is standard practice. Of course,
there exist no longer used tailings containing waste that have been deposited for decades, whose
treatment can be beneficial not only for the environment but also economically feasible. The technologies
used in the past were less efficient, and, therefore, settling ponds contain significant amounts of metals
that might be recycled [35,36]. Nonetheless, in the event of a breakdown or failure, a leak of hundreds of
Mt of waste may pose an unimaginable risk to the environment, even over an extended period [35,37].

The zinc and lead mine Gradir in Sula, Montenegro, is an example of a site that still operates as a
mine and which faces significant environmental issues. This mine has been operating for decades.
Former and present activity contributes to the generation of four types of waste (AMD, flotation
wastewater, and two types of waste rock). Traces of past activity can be seen in the form of closed,
more or less collapsed adits. Most of them are filled with acid mine drainage. The presence of AMD is
the result of both previous human activity and natural processes. As mentioned above, the formation
of AMD is based on sulfide-containing minerals, and Montenegro is rich in them [38]. The production
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of lead and zinc concentrate is carried out by a flotation, the by-product of which is liquid waste.
It is pumped into flotation tailings. To minimize waste emissions and energy consumption, the mine
operates in a circular loop: that is, part of the leachate, after the suspension has settled, is reused in
production activity. At present, mining is carried out using the open-pit method. A variety of rock
material is produced during mining (blasting) operations. Based on the decision of the geologist the
material is then separated. Limestone, which is the overburden of the deposit, is used both inside
and outside the mine. The rock poor in the deposit are considered waste and are stored on the
slopes of the mountain in the form of different size rock coarse and fine rock material. The material
stored on the slopes is exposed to weather conditions, thus can contribute to the formation of AMD.
The rock rich in Pb and Zn ore is crushed in mills, Appropriate chemical reagents are added and
then hydro-transported to the hall where the flotation takes place. The final product is Pb and Zn
concentrates. The wastewaters remaining after the process are discharged into the pond.

In this paper, an attempt was made to use waste materials produced in the mining of zinc and
lead in the treatment and neutralization of acid and alkaline wastewater before discharge into the
environment. We investigated whether the waste material remaining after the extraction of zinc and
lead ore can be used to neutralize and stabilize the pH of acid mine waters flowing out of ancient
adits and alkaline wastewater generated by flotation of Zn and Pb ore. The study of wastewater
treatment was preceded by a detailed geochemical description of the raw material in terms of an
environmental risk assessment associated with the uncontrolled release of toxic elements. In turn, acid
mine drainage and flotation wastewater were monitored for 12 months to analyze seasonal variations
in pollutant concentrations.

2. Materials and Methods

2.1. Site Description

In 1948, at the site of the current Gradir Montenegro mine, the search for zinc- and lead-bearing
veins began. During the four-year investigation, the presence of deposits was documented, allowing
the underground mine to be exploited and 250,000 tons of ore to be floated. The dominant minerals
were sphalerite and galena. Over 50,000 meters of underground adits were drilled. Mining ceased
in 1987 for two reasons: low metal prices and a lack of reserves of the vein type of ore. The mine
resumed operations in 1997, though as an open-pit mine. The war in the Balkans and the economic
sanctions imposed once again resulted in the closure of the mine. The mine was shut down from 2000
to 2008. Current mining is based on the exploitation of the remaining massive sulfide ore veins and
disseminated sulfide stockwerk mineralization. The outline of the geology of the area is presented in
Figure 1. Postvolcanic sulfide ores are related to Triassic bimodal effusive volcanism including basalts
and rhyolites and later dioritic intrusions which were the source of hydrothermal ore-bearing fluids.
The host rock for the ores is highly altered andesite. The metasomatic alteration includes chloritization,
sericitization, silification, and pyritisation processes. Annual production reaches 1,000,000 tons of ore,
resulting in 350,000 tons of pre-concentrate after the flotation process (more than 17,000 t of Zn and
5000 t of Pb). The Gradir Montenegro mine is located in the NW part of Montenegro at an elevation of
1180–1470 meters above sea level. Winters are mostly snowy (November–March) with several degrees
of frost. In summer, the average daily temperature is about 20◦, although the maximum reaches 30◦.
Most rainfall occurs from October to November. However, April has the most days with rain, and July
to September have the least.
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Figure 1. Geological map of the exploration area with a marked Gradir Montenegro mine [39].

2.2. Waste Materials

2.2.1. Acid Mine Drainage

The cessation of the use of adits for mining works has caused their gradual destruction. Currently,
most of them have collapsed. Water seeping through the rocks is not pumped out, and it fills the
corridors and, as a result, flows out naturally. The conditions inside (air, temperature, microbial activity,
etc.) are conducive to acid mine drainage formation [4,40,41]. For the purposes of this publication,
AMD samples were taken from one of the adits. The initial characteristics observed confirmed the low
pH and high content of sulfate ions.

2.2.2. Alkaline Flotation Wastewater

The main activity of the Gradir mine (Sula, Montenegro) is based on the production of lead
and zinc concentrates. After crushing and initial enrichment, the excavated deposit is directed to
the flotation. It is a multi-stage process, and during its course, various chemical reagents (collectors,
frothers, depressants, activants, etc.) are dosed [42,43]. Apart from the final product, liquid waste is
produced. Its composition depends on the chemical reagents used in the process. The highly alkaline
wastewater that is generated, about 70 cubic meters per hour, is pumped into a tailings pond nearby
the site. The pond itself is a geomembrane-lined basin with strengthened banks. As a result, potential
leaks and environmental threats are minimized. Most of the waste is deposited, and some of it is
returned to the mine to be used for additional processes that are carried out.

2.2.3. Mine Waste Rocks

Among the minerals of most interest in the opencast area are pyrite, sphalerite, galena, and
chalcopyrite. Of course, they are accompanied by other minerals not used in the exploitation of zinc and
lead ores. A variety of rock material is produced during mining (blasting) operations. Then, according
to the assessment of the mining geologist, the material is separated. Limestone, which is the overburden
of the deposit, is not treated as waste material as it is used both inside and outside the mine. Barren
rocks are considered waste and are stored on the slopes of the mountain in the form of different size
rock coarse and fine rock material. One use for the rocks is the reconstruction of the hill, which is
destroyed as a result of the opencast mining of rock material. The material stored on the slopes is
exposed to weather conditions. In this work, an attempt has been made to check whether there is any
difference in the properties of waste material that has just been acquired and that has been stored for
some time.
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2.3. Sample Collection and Data Acquisition

Since February 2018, flotation wastewater and acid mine drainage content have been monitored
in order to measure their quality and determine the seasonal variability of discharged effluents.
Each month, samples (in triplicates) were collected. All were filtered with the use of a syringe filter
(0.45 µm). For anions analysis, samples were filled to full capacity. Cation samples were preserved with
nitric acid. Then, samples were transported (at 4 ◦C) to the laboratory. At the site, pH and conductivity
were measured with the use of a portable pH/conductometer. During the research, the capacity of the
settling pond was reached. A new one was launched. Therefore, subsequent samples were taken from
it. AMD was taken from a partially collapsed adit. The tunnel is located near the flotation building
and filled with water, which flows at an almost constant speed.

2.3.1. Chemical Analysis of Wastewaters (AMD and Flotation Wastewater)

A whole range of analyses was performed, beginning with pH and conductivity (portable
pH/conductometer with temperature compensation, CPC-411, Elmetron, Zabrze, Poland). The metal
composition was determined by Inductively Coupled Plasma Atomic Emission Spectroscopy (ICP-OES,
iCAP 6500 DUO, Thermo Fisher Scientific, Waltham, MA, USA), while anions concentration was
assessed with chromatography (HPLC with conductivity and photodiode array detectors, Alliance,
Waters). The of limits quantification of selected techniques are given in the tables below (Tables 1 and 2).
Changes in the samples matrix caused multiple dilutions, thus increasing the limits of quantification.
These are given in brackets.

Table 1. Limits of Quantification (LOQ) of the measurement elements by ICP-OES.

Element LOQ (mg·L−1) Element LOQ (mg·L−1)

Al 0.01 Mg 0.1 (1.00)
Ba 0.001 (0.1) Mn 0.001 (0.01)
Ca 0.1 Na 0.5 (50.0)
Cd 0.001 (0.01) Ni 0.005 (0.5)
Co 0.002 (0.2) Pb 0.01
Cu 0.002 (0.02) Si (as SiO2) 0.1
Fe 0.01 (0.1) Sr 0.002
K 0.5 (50.0) Zn 0.003

In brackets increased limit because of matrix.

Table 2. Limits of Quantification (LOQ) of the measurement anions by HPLC.

Element LOQ (mg·L−1)

Cl− 0.5 (15.0)
NO3

− 0.01 (3.00)
SO4

− 0.5

In brackets increased limit because of matrix.

2.3.2. Geochemical Analysis of Waste Rocks

Chemical composition of the waste material was analyzed using X-ray fluorescence spectroscopy.
The Rigaku ZSX Primus II WDS spectrometer (Tokyo, Japan) equipped with an Rh lamp was used.
The mineral composition was characterized by scanning electron microscopy and X-ray diffractometry.
Scanning electron microscopy observations were carried out in a low vacuum mode, using an FEI
200 Quanta FEG microscope equipped with an EDS/EDAX spectrometer (Thermo Fisher Scientific,
Waltham, MA, USA). XRD patterns were collected using a Rigaku SmartLab diffractometer equipped
with a graphite monochromator and rotation Cu anode in a recording range of 2–75◦2θ at a 0.05◦ step
size, and a counting time of 1 s per step.
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2.3.3. Titration with Mine Wastewater

Acid mine drainage from the abandoned adit and the alkaline flotation wastewater was used
for the research on neutralization. The samples were collected twice: in February and April. For the
titration, 25 mL of flotation effluent was used, to which acidic mine drainage was added. During the
experiment, the pH was constantly monitored. Titration was carried out in five independent series.

2.3.4. Mine Water Neutralization by Waste Rocks

Two types of experiments were conducted. For the first one, two types of waste rock were selected:
short- (less than one month of storage) and long-term deposited (more than three months of storage).
Water, acid mine drainage, and flotation wastewater were used as a medium. The quantities of the
used materials were 1, 4, 6, and 10 g. The volume of the medium was 10 mL. The neutralization was
performed in PP tubes shaken at 120 rpm for 84 h. Values of pH and conductivity were measured
at selected times. For the second experiment, only long-term deposited waste rock was used. Solid
material (20 g) was mixed with AMD, flotation wastewater, and water as a control. In this test, we also
used AMD and flotation wastewater mixture (with a final pH of 9). Each time, 20 mL of medium was
used. The test was carried out in the same manner, except it took 96 h.

3. Results

3.1. Characterization of Waste Rock

The analyzed waste material comes from the Zn-Pb pre-enrichment process and is a quartz-feldspar
rock of likely hydrothermal origin. The X-ray diffraction pattern (Figure 2) shows that phyllosilicates
(chlorite and mica) and sulfides (chiefly pyrite) constitute the rock besides quartz and potassium
feldspar (orthoclase). The presence of minor dolomite-type carbonate, as well as traces of gypsum,
are also apparent.

Figure 2. X-ray diffraction pattern of the long-term stored waste rock.

The dominance of quartz and potassium feldspar is reflected by chemical composition, with SiO2,
Al2O3, and K2O being the main constituents (Table 3). On the other hand, the presence of ore minerals
results in high iron, sulfur, zinc, and lead contents. The sulfides are disseminated within the rock mass
(Figure 3A) but may form more dense accumulations in places (Figure 3B). Euhedral or subhedral cubic
pyrite crystals up to 0.3–0.4 mm in size do not show distinct weathering alterations. Minor sulfides
(sphalerite and galena) usually form subhedral grains and vein infillings (Figure 3D), which are also
apparently unaltered. Electron microscopic observations revealed the presence of accessory minerals:
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apatite, Ti oxides, dolomite, and Ca-Mn carbonate (Figure 3C), as well as manganese oxides. Traces of
monazite were also encountered.

Table 3. Chemical composition of the long-term stored waste rock used in the experiments.

Main Oxides (wt. %) Trace Elements (mg kg−1)

SiO2 54.5 As 202
TiO2 0.60 Br bd

Al2O3 16.2 Cl 85
Fe2O3 8.22 Co 84
CaO 0.92 Cr 73
MgO 2.41 Cu 95
MnO 0.34 Ni 46
SrO 0.02 Pb 2995
BaO 0.51 Sn bd

Na2O 0.31 Zn 7044
K2O 7.50
P2O5 0.12
SO3 7.05

ZrO2 0.04
LOI 0.25

bd—below limit of detection; LOI—loss on ignition.

Figure 3. Back-scattered electron images (BSE) of the waste rock. (A) structure of a typical
pyrite-poor area, (B) structure of pyrite-rich area, (C) carbonate-rich area, (D) typical vein infilling
with minor Zn and Pb sulfides. Explanations: Q—quartz, F—potassium feldspar, P—pyrite,
Ca-Mg—calcium-magnesium carbonate (dolomite), Ca-Mn—calcium-manganese carbonate, Bt—biotite
(mica), Cl—chlorite, Sp—sphalerite, G—galena.
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3.2. Characterization of Mine Wastewater

In the area where the Gradir mine operates today, zinc and lead ores have been mined since the
mid-20th century. Until the late 1990s, the deposit was mined through drilled tunnels. When mining
ceased, the abandoned drifts began to be destroyed. Unused mining galleries began to be filled with
water seeping through the rock mass. As a result of leaching rocks containing, among others, pyrite,
the water has the character of acidic mine water (Table 4). Low pH, high concentrations of sulfate
ions, and significant amounts of zinc, cadmium, or aluminum were recorded. It was observed that
the outflow of water from the adit is almost constant during the year. It goes directly to the creek
(Mjedenički), flowing through the mine area and then to the nearby river (Cehotina).

Table 4. General characteristics of acid mine drainage (AMD) and flotation wastewater. Twelve-month
average compared with the Standards for the industrial water discharge (Službeni list Crne Gore) [44].

Parameter Unit Flotation Wastewater AMD
Montenegro

Standards

Average SD Average SD

pH 12.10 0.40 3.11 0.09 6.0–8.5
Conductivity mS cm−1 2.69 1.15 6.22 2.26 -
Cl−

mg L−1

9.40 2.89 23.0 20.1 -
NO3

− 3.04 1.14 7.10 38.6 50
SO4

2− 774 208 6769 2312 20
Al 0.22 0.13 88.0 36.1 3.0
Ca 469 111 386 19.2 -
Cd <0.01 - 0.90 0.31 0.01
Co <0.02 - 0.51 0.15 1.0
Cu <0.02 - 1.25 1.13 0.5
Fe <0.1 - 107 40.0 2.0
K 31.3 7.03 <50.0 - -
Mg <1.00 - 880 320 -
Mn 0.01 0.02 199 84.8 2.5
Na 57.9 15.8 <50.0 - -
Ni <0.05 - 0.86 0.23 1.25
Pb 0.55 0.94 0.24 0.06 0.5
SiO2 2.67 1.25 66.4 17.2 -
Sr 0.79 0.21 1.77 0.05 -
Zn 0.06 0.11 746 303 1

< below limits of quantification.

As mentioned earlier, after extraction, crushing, and enrichment, zinc- and lead-bearing ore
undergoes a flotation, which requires the use of significant amounts of various chemical compounds.
The final product is a zinc and lead concentrate. The by-product is an alkaline flotation effluent.
It contains off-balance amounts of zinc and lead and significant sulfate content (Table 4). The wastewater
in the amount of 70 cubic meters per hour is discharged to a nearby pond where it is deposited. It is
not subjected to further treatment.

The obtained results of samples taken each month over the year are shown in Tables S1 and S2.
Due to heavy snowfall, it was not possible to take samples on the scheduled date in March 2018.

Changes in the pH of acid mine drainage were not significant. The minimum was 3.00,
the maximum 3.26, and the average 3.11 (Figure 4). However, an upward trend is noticeable.
The variation in conductivity was much greater. The maximum (9.64 mS·cm−1) was in April and the
minimum (3.20 mS·cm−1) in December 2018. Throughout the year, it averages 6.22 mS·cm−1. Sulfate
concentrations were changing. They reached their maximum (10,333 mg·L−1) at the beginning of the
third quarter of 2018, then decreased in the following months until November (minimum 3700 mg·L−1).
A similar trend can be seen in the case of most metals (Figure 4). Maximum concentrations or close to
maximum concentrations were reached in July 2018. The following months brought about a decrease.
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From December 2018 onwards, the concentrations increased. The changes in the chemical composition
of acid mine wastewater flowing from the abandoned mine adit are not expected to be a result of
mine operations. The relationships of the determined parameters with average rainfall and average
temperature were compared (Figure 4 and Figure S1). The amount of rainfall was observed to influence
such parameters as conductivity and concentrations of sulfates and metal cations. As the amount of
rainfall decreases, the mentioned above parameters also decrease, but with a one-, two-month delay.
In the case of pH, this effect was not observed. Furthermore, in the temperature, its influence on pH is
not observed, whereas the influence on other parameters is visible. However, the change in the values
is seen about a month ahead of the temperature change. In June 2018, part of the tunnel collapsed.
Unfortunately, the technical conditions of the adit did not allow for safe penetration. Undoubtedly,
this incident could have affected the results obtained.

Figure 4. Evolution of selected parameters in AMD with rainfall data. Metrological seasons:
Spring: 1 March to 31 May; Summer: 1 June to 31 August; Autumn: 1 September to 30 November;
Winter: 1 December to 28 February.

It can be noted that for flotation wastewater, the pH varies from 11.32 to 12.56, with an average
of 12.10. There was no correlation observed between pH and conductivity (or other parameters),
which ranged from 0.99 to 5.04 mS·cm−1 (average 2.69 mS·cm−1) (Figure 5). It can be assumed that
the physicochemical parameters of flotation wastewater do not depend on seasonal variations. They
could be dependent on the processes taking place in the tailing pond. High summer temperatures
are conducive to the evaporation of water and consequently impact the concentration of the solution.
On the other hand, rainfall and spring melting of snow can cause dilution. It is also possible that
some of the elements, together with the sediment, are bound in the lower parts of the settling tank.
However, it seems that changes in the flotation, such as the amount of reagent added, shutdowns,
failures, etc., have the greatest impact on the chemical composition of flotation waters. The content of
lead varied from 0.03 to 3.48 mg·L−1. The calculated average was 0.68 mg·L−1. Differences are visible
in individual months. The maximum was determined in May 2018, and the minimum was observed in
December 2018 and January 2019 when the new tailing pond was launched. The sulfate content also
varied: the minimum amount was 440 and the maximum 1100 mg·L−1. The average concentration was
determined at the level of 774 mg·L−1.
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Figure 5. Evolution of selected parameters in flotation wastewater.

3.3. Flotation Wastewater Neutralization by Acid Mine Drainage

The essence of this test was to determine the scope to neutralize flotation wastewater by acid mine
drainage. As presented above, the flotation wastewater had a high pH of ~12, and AMD had a low pH
of ~3, while the water discharged into the river should have a pH of 7–8. Thus, acid mine waters were
used to neutralize alkaline flotation wastewater. For titration, 25 mL of post-flotation effluent was used,
to which acidic mine waters were added, and pH was monitored with pH-meter. The titration was
carried out in five independent series, and the averaged results are presented in Table S3 and Figure 6.

Figure 6. Titration of flotation wastewater with acid mine drainage from the adit collected in February
and April.

Based on the results obtained, it can be concluded that four times less acid mine drainage from the
adit (1:0.24 v/v) should be used to neutralize the flotation wastewater water to pH 7. It is also possible
to reduce sulfate content from circa 10,000 to less than 2500 mg·L−1 (Tables S1 and S3). The experiment
was conducted to observe the influence of the aggregate on the physicochemical composition of the
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medium. When acidic water is mixed with alkaline water, a colloidal mixture is formed, which then
settles down. The sediments precipitated at pH 7 had a creamy color. An attempt was made to assess
the structure of the sediment. As can be seen on the XRD pattern below (Figure 7), the crystalline iron
(both ferrous and ferric), zinc and manganese sulfate hydrates as well as calcium and magnesium
carbonates dominated the precipitate composition with an admixture of aluminum hydroxide.

Figure 7. X-ray diffraction pattern of the sediment formed after mixing AMD and flotation wastewater.

3.4. Mine Wastewater Neutralization by Waste Rock—Batch Test 1

In order to verify which solid material (short- or long-term stored) should be used for the
neutralization of mine wastewater, an initial 84-h experiment was carried out. A batch adsorption test
was conducted by mixing a known weight of long-term and short-term stored waste rock with 10 mL
of water, flotation wastewater, and AMD. The mixture was shaken in a mechanical shaker for 84 h.
After a specified time, the pH and conductivity were measured.

Water as a medium was used to verify how the length of storage of waste rock affects pH and
conductivity. A pH increase could be observed, especially in the case of small weights (Table 6).
While larger weights showed a slight increase in pH, when compared to pure water, conductivity
rose significantly. On the other hand, small weights had a minor influence on the conductivity value.
The pH of the water remained close to neutral with bigger weights in waste rock stored for a shorter
period (Table 5). The conductivity, however, increased similarly when solid waste stored for a long
time was used. In the case of small weights, an increase in both pH and conductivity was observed.

In order to neutralize flotation wastewater, it is necessary to use bigger weights. A significant
drop in pH was visible for a 10-gram weighting. For the long-term stored waste rock, values close
to neutral were obtained (Table 5). The short-term stored waste rock showed instability, which was
expressed by a definite difference in conductivity. Short-term stored waste rocks are unoxidized and
are highly reactive; its properties change significantly in a short time. This effect was also observed in
the case of the long-term stored material, where the values for the respective weightings were similar
(1.71–1.82 mS·cm−1).
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Table 5. Waste rocks stored for a short and long amount of time treated with water, flotation wastewater,
and AMD. The pH and conductivity were measured after 84 h of mixing.

Water Flotation Wastewater Acid Mine Drainage

Weight (g) pH
Conductivity
(mS·cm−1)

pH
Conductivity
(mS·cm−1)

pH
Conductivity
(mS·cm−1)

Short-term stored waste rocks

0 7.00 0.795 12.37 2.06 2.83 5.21

1 7.99 0.859 11.85 1.66 3.57 5.33

4 7.35 2.14 9.14 1.15 4.57 5.14

6 7.27 1.42 8.96 1.26 5.44 5.07

10 7.41 2.33 7.86 1.62 5.70 5.06

Long-term stored waste rocks

0 7.00 0.795 12.37 2.06 2.83 5.21

1 7.60 1.20 10.10 1.81 3.33 5.39

4 7.31 2.09 8.22 1.77 6.14 4.68

6 7.14 2.12 7.45 1.71 6.03 4.57

10 7.07 2.21 7.14 1.82 6.24 4.15

The influence of short- and long-term storage of waste rock on the changes in acid mine drainage
parameters was also tested within 84 h. The use of 10 grams of long-term stored solid waste was also
much more effective here. In this case, it was possible to increase the pH from 2.83 up to 6.24 (5.70 in
the case of the short-term stored solid waste) (Table 5). Longer contact time may encourage a further
decrease in pH. Short-term stored solid waste did not demonstrate any significant changes in acid
mine drainage conductivity. The use of long-term stored solid waste caused only a slight reduction in
conductivity: from 5.21 to 4.15.

It can be concluded from the conducted studies that long-term storage of waste rock is more
effective in neutralizing both alkaline and acidic leachate. It is worth noting that the storage time of the
waste rock may be critical due to the influence of atmospheric conditions.

3.5. Mine Wastewater Neutralization by Waste Rock—Batch Test 2

Long-term stored waste rock and four liquids were selected for the study. This time, a mixture
of AMD and flotation wastewater, alongside AMD and flotation wastewater, was used. Distilled
water was used as a control. As noted in previous experiments, it is possible to neutralize flotation
wastewater using AMD. Therefore, considering that waste rock can lower the pH, AMD and flotation
wastewater were mixed to reach a pH of 9 only. An appropriate weight (20 g) was placed in vessels with
20 mL of each medium. Then, the whole sample was shaken for 96 h. After a selected time, pH and
conductivity were measured. At the beginning and end of the experiment, the sulfate concentration
was determined. The results are given in Table 6.

126



Minerals 2020, 10, 1061

Table 6. Neutralization of four selected liquids by long-term stored waste rocks 20 g of the waste rocks
was mixed with 20 mL of the liquid.

Medium Parameter Time (h)
0 24 48 72 96

AMD +waste rocks

pH 2.85 6.08 6.24 6.43 6.41
SD 0.03 0.17 0.10 0.15 0.17

Conductivity (mS·cm−1) 8.15 6.43 6.56 6.17 6.23
SD 0.09 0.13 0.25 0.27 0.30

SO4
2− (mg·L−1) 8110 - - - 5627

SD 59 - - - 105

Flotation wastewater +
waste rocks

pH 11.14 6.60 6.74 6.64 6.61
SD 0.10 0.08 0.06 0.05 0.08

Conductivity (mS·cm−1) 2.20 2.72 2.78 2.69 2.78
SD 0.02 0.05 0.02 0.06 0.06

SO4
2− (mg·L−1) 991 - - - 1634

SD 48 - - - 61

Flotation wastewater +
AMD +waste rocks

pH 9.02 6.56 6.72 6.70 6.68
SD 0.03 0.02 0.02 0.09 0.05

Conductivity (mS·cm−1) 2.14 2.77 2.86 2.74 2.84
SD 0.05 0.04 0.07 0.02 0.15

SO4
2− (mg·L−1) 1204 - - - 1713

SD 58 - - - 29

Water +waste rocks

pH 6.65 6.58 6.85 6.75 6.78
SD 0.03 0.04 0.04 0.06 0.06

Conductivity (mS·cm−1) 0.0055 2.54 2.62 2.54 2.63
SD 0.0001 0.04 0.02 0.01 0.02

SO4
2− (mg·L−1) 2 - - - 1505

SD 0.03 - - - 16

Analyzing the results, it can be concluded that by using long-term stored waste rock, it is possible
to neutralize AMD, flotation wastewater, and their mixtures. As shown in Table 6, a sharp change in pH
occurred after 24 h. If the contact time is extended, the reaction was stabilized and the measurements
in the following days brought similar results (respectively). Furthermore, as the control test showed,
a 96 h contact time did not fundamentally change the pH of the water. The use of long-term stored
waste rock in leachate treatment poses the risk of increasing the load of undesired components. As a
result of the processes and reactions occurring on the surface of rocks, elements released from the used
aggregate may be released into solution. The chemical results of the tests carried out after the 96-h
experiment are presented in Table 7. They are compared with the initial results for AMD and flotasation
wastewater used in the experiment. In the case of AMD neutralization with waste rock, a slight
increase in lead concentration was observed. However, an essential decrease in zinc concentration
was visible. Furthermore, the sulfate content decreased by over 1000 mg·L−1. Using waste rock for
flotation wastewater neutralization had the opposite effect. Both zinc and sulfate concentrations
increased. As the results of the experiment show, to utilize AMD, flotation wastewater, and waste rock,
it seems optimal to initially lower the flotation wastewater pH by mixing with AMD and then adding
waste rock. Such a solution leads to pH neutralization and a slight increase in conductivity. It must
be admitted that the concentration of Zn and sulfates increased, though in a range similar to other
variants, and even less than in the use of AMD to neutralize flotation wastewater.
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Table 7. Comparison of the selected results of physicochemical parameters of flotation wastewater, AMD, and mixtures of long-term stored waste rocks, and
proposed medium.

Parameter Unit AMD Flotation Wastewater
AMD

+Waste Rocks
Flotation Wastewater
+Waste Rocks

Flotation Wastewater
+ AMD

+Waste Rocks

Water
+Waste Rocks

Average SD Average SD Average SD Average SD Average SD Average SD

pH 2.85 0.03 11.14 0.10 6.41 0.17 6.61 0.08 6.68 0.05 6.78 0.06
Conductivity mS·cm−1 8.15 0.09 2.20 0.02 6.23 0.30 2.78 0.06 2.83 0.15 2.63 0.02

Al

mg·L−1

127 31.8 0.12 0.03 <0.1 - <0.02 - <0.02 - <0.02 -
Ca 384 96.0 341 85 446 116 571 143 574 144 575 144
Cd 1.41 0.35 <0.01 - 0.48 0.12 0.05 0.01 0.06 0.02 0.06 0.02
Co 0.63 0.16 <0.02 - 0.66 0.17 0.09 0.02 0.09 0.02 0.10 0.03
Cu 3.49 0.87 <0.02 - <0.05 - 0.01 0.003 0.01 0.003 0.01 0.003
K <50 - 40.5 10.1 25.2 6.30 34.5 8.63 34.0 8.50 19.2 4.80

Mg 964 241 <1 - 956 239 57.9 14.5 81.5 20.4 51.9 13.0
Mn 224 56.0 <0.01 - 220 55.0 33.8 8.45 35.5 8.88 29.4 7.35
Mo <0.3 - <0.03 - <0.05 - 0.01 0.003 0.01 0.00 0.01 0.00
Na <50 - 66.0 16.5 8.03 2.01 52.7 13.2 51.0 12.8 2.23 0.56
Ni 0.95 0.24 <0.05 - 0.60 0.15 0.07 0.02 0.08 0.02 0.08 0.02
Pb 0.19 0.05 0.23 0.06 0.46 0.12 0.08 0.02 0.06 0.02 0.05 0.01

SiO2 76.5 19.1 4.80 1.20 19.8 4.95 13.1 3.28 15.1 3.78 14.3 3.58
Sr 1.83 0.46 1.13 0.28 1.56 0.39 1.10 0.28 1.14 0.29 0.75 0.19
Zn 957 239 0.43 0.11 204 51.0 8.15 2.04 7.99 2.00 11.5 2.88

SO4
2− 8110 59 991 48 5626 105 1633 61.0 1713 29.00 1505 16.0

< below limits of quantification.
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4. Discussion

Regardless of the many efforts, the majority of the mining waste generated still goes to waste
disposal sites [2,45]. Increasing emphasis on protection against climate change and concern for
environmental protection have resulted in the mining industry beginning to change its approach to
waste management [46]. In the presented case, the waste includes AMD flowing from abandoned
adits, slurry from the processing of zinc and lead ore stored in the tailings storage facility, and finally,
waste rocks stored on the slopes of the mountain. The XRD analysis shows that alongside quartz and
potassium feldspar, the rock material contains phyllosilicates as well as sulfides iron, zinc, lead. What
is characteristic for rocks containing sulfide minerals where besides pyrite, there are also other sulfide
minerals containing valuable metals such as gold, silver, copper, lead, and zinc [14,47]. As Lefebvre [48]
noted, oxidation of sulfide minerals occurs gradually. Once the pyrite close to the surface of the mineral
is oxidized, the oxidant has to penetrate deep into the rock. This is following the observations made
during the experiments. The rock material deposited no more than a month (short-term stored) reacted
more strongly than that which has been longer (long-term stored) in contact with the atmospheric
conditions. Mining waste containing sulfate-bearing minerals exposed to atmospheric oxygen and
water causes the uncontrolled formation of AMD [49]. Moreover, the accurate prediction of the volume
of released AMD is difficult not only due to the mentioned gradual oxidation but also dependent on
co-occurring minerals. The presence, among others, of carbonates and silicates may cause neutralization
of the leachate [36,50,51].

The solubility of carbonates, depending on the pH, increases the amount of carbonate ions in the
solution, thus increasing the potential to neutralize the solution. As it progresses, the pH increases
and the calcite may precipitate as a secondary mineral. The dissolution of silicates is much slower
than carbonates. The feldspar weathering process depends mainly on pH, silica concentration, Na, K,
and Ca. It results in the formation of secondary minerals such as muscovite, kaolinite, and gibbsite [52].
The experiments carried out have shown that waste rocks are very reactive. The scope to change the
pH values of the leaching medium, even in a short time, is significant. By using acid mine wastewater
as a leaching solution after 24 h, a pH above 6 was obtained (at the beginning, 2.85). However, there is
a danger that the acidification of the solution may occur again over time. Still, this solution brings
a 31% reduction in sulfate and a 79% reduction in zinc concentration. This is probably due to the
precipitation of sulfate hydrates typical of the AMD environment. Unfortunately, a 2.5 increase in
lead concentration was observed. The effect of using solid waste to neutralize flotation wastewater
appeared to be unsuccessful. Admittedly, a sharp drop in pH and lead but with the simultaneous
growth of zinc and sulfate concentrations.

Abandoned underground mines are quite a challenging task. Mining shafts very often are
collapsed and filled with water. Access to them is very difficult and it is usually impossible to reach
the precise plans [53]. The Gradir Montenegro mine is no different. Most of the over 50,000 meters
of underground adits are already inundated and destroyed. Flooding out water is characterized by
very low pH values (avg. 3.11) and substantial sulfate content (avg. 6769 mg·L−1). It was observed
that the chemical composition depended on weather conditions. As the temperature and the amount
of rainfall decreased, the concentrations of sulfates and metal cations also decreased. Considering
the significantly elevated content of metals, including heavy metals, the acidic leachate may have
an irreversible impact on the environment [54–58]. Alkaline substances are often used to neutralize
AMD [18,59–61]. Their use allows to reduce the metal content almost completely with a 60% reduction of
sulfates [62]. Cost estimates and limitations of the use of alkaline substances were undertaken by Taylor
et al. [63]. One of the most well studied and employed methods is based on chemical neutralization
with the use of limestone [22], which is characterized by its low cost and wide availability. The result is
a pH increase and, by precipitation, metal removal [17,28]. However, this method has some limitations
due to its tendency to form an external coating caused by secondary mineral precipitation [29]. In turn,
in the presence of aqueous sulfate a gypsum sediment precipitates [30]. What is more, such a solution
would be effective enough for AMD treatment only when the formation of AMD was temporary or
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short-term [15]. The process creates significant amounts of metal hydroxide sediment. As described
by Sibrell and Watten [64], the neutralization of 50 metric tons of AMD generated 450 metric tons of
sludge, the disposal of which was costly. In the case of the mine described here, it is estimated that
from only one abandoned adit, about 30 cubic meters per hour flows out. Thus, almost 263,000 cubic
meters are required to be neutralized during the year.

The extraction of metals from sulfide ores results in significant amounts of waste. The amount of
waste generated by the mines might be close to the volume of processed raw material [65]. As it has
been proven, the tailing content is related to a specific process, its modifications, failures, etc. used
in the mine. Still, the most common method is depositing it into sedimentary ponds without any
treatment [33,66,67]. Tailings no longer used are protected by a layer of soil. However, without a
protective plant cover, wind and water erosion is possible, resulting in the release of pollutants into the
environment [68–70]. Some solutions have been proposed using different plants or microorganisms not
only for stabilization but also for pond remediation [32,71–74]. As mentioned, these are only applicable
to tailings no longer in use. Attempts have been made to treatment alkaline wastewater from an
operating mine by O’Sulivan et al. [75] using Surface-Flow Wetlands. The pilot-scale installation has
been in operation for two years. The chemical composition of the slurry was quite similar to that
of the one being treated in this paper—sulfates 900 mg·L−1, lead 0.15 mg·L−1, and zinc 2.0 mg·L−1.
Unfortunately, the authors do not mention a pH value. At the flow of 1.5 L min−1, it was possible to
reduce sulfate and lead concentrations by about 30% and 74% of zinc.

The authors propose the use of acidic mine drainage to neutralize alkaline flotation leachate.
The conducted experiments indicated that it is possible to reduce the pH from ~12 to values close to
neutral by using a volume of acidic mine wastewater four times smaller than that of flotation wastewater.
After mixing both streams, colloidal sediment was formed, constituting about 1/6 of the volume.
Besides the iron, zinc, and manganese sulfate hydrates calcium and magnesium carbonates prevailed
in the precipitate. As expected, gibbsite was observed among the secondary minerals. The final
solution contained four times less sulfate than the flotation wastewater and AMD combined. However,
the value of the mentioned parameter does not allow for safe discharge into the environment. Still, it is
worth considering the use of the AMD flowing from the abandoned adit for the neutralization of all
flotation wastewater (~70 cubic meters per hour) instead of deposition in the tailing pond. The received
solution could then be treated using a passive treatment system, for example, constructed wetlands.

The experiences described above have led to the proposal to use three waste materials for mutual
treatment. In the first step, mixing the flotation wastewater with AMD to pH 9 causes fewer secondary
minerals to be precipitated and thus formation less sludge. Simultaneously, the sulfate concentration
decreased. In the next step, mixing the resulting mixture with the rock material results in neutralization
of the pH, reduction of metal and sulfate concentrations (compared to a total of three waste materials).
The management of the three waste materials produced in the mining of zinc and lead does not
require the use of any additional reagents (e.g., limestone) and although the parameters of the obtained
solution do not meet the legislative requirements, their further treatment seemed to be relatively easy.

5. Conclusions

The rock waste material stored on the hillsides is a quartz-feldspar rock still containing certain
amounts of zinc and lead. When exposed to weather conditions, it can be a potential source of acidic
mine water. The flotation wastewater stored in the sedimentary tailings is characterized by a high pH
(about 12), elevated sulfate, and low metal concentrations. Acid mine drainage filling abandoned adits
have an acidic pH (about 3). They also have a significant amount of sulfates and metals. The chemical
composition of these two solutions appear to change over time. In the case of flotation wastewater,
these changes result from changes in the flotation. However, AMD has a rather seasonal background.
The performed experiments proved that AMD can be used to neutralize flotation wastewater. Positive
results indicate that four times less AMD is sufficient for the pH neutralization of the final solution.
Furthermore, the possibility of using both liquid and waste rocks was proven. Premixing alkaline
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flotation wastewater with AMD and then flowing through waste rock neutralized the pH and reduced
the total charge of metals and sulfates. The proposed solution does not require the use of additional
chemical reagents and minimizes the sediments needed for storage.

Supplementary Materials: The following are available online at http://www.mdpi.com/2075-163X/10/12/1061/s1,
Figure S1: Evolution of selected parameters in acid mine drainage (AMD) with temperature data. Table S1:
Monitoring results of AMD, Table S2: Monitoring results of tailings, Table S3: Titration of tailings using acid mine
drainage (collected in February and April) from the adit.
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Abstract: The seepage and diffusion of acid mine drainage (AMD) generated from self-heating
coal gangue tailings caused acid pollution to the surrounding soil and groundwater. Red mud
derived from the alumina smelting process has a high alkali content. To explore the feasibility of
co-disposal of coal gangue and red mud for prevention of AMD, coal gangue and red mud were
sampled from Yangquan (Shanxi Province, China), and dynamic leaching tests were carried out
through the automatic temperature-controlled leaching system under the conditions of different
temperatures, mass ratios, and storage methods. Our findings indicated that the heating temperature
had a significant effect on the release characteristics of acidic pollutants derived from coal gangue,
and that the fastest rate of acid production corresponding to temperature was 150 ◦C. The co-disposal
dynamic leaching tests indicated that red mud not only significantly alleviated the release of AMD
but also that it had a long-term effect on the treatment of acid pollution. The mass ratio and stacking
method were selected to be 12:1 (coal gangue: red mud) and one layer was alternated (coal gangue
covered with red mud), respectively, to ensure that the acid-base pollution indices of leachate reached
the WHO drinking-water quality for long-term discharge. The results of this study provided a
theoretical basis and data support for the industrial field application of solid waste co-treatment.

Keywords: coal gangue; red mud; prevention; acid mine drainage; dynamic leaching

1. Introduction

Coal gangue is a by-product of coal mining and washing and its discharge amount accounts
for approximately 10–15% of total coal production [1,2]. The coal gangue dump is formed by the
direct storage of coal gangue and occupies a great deal of farmland and arable land resources [1,3].
The active components contained in coal gangue, such as combustible carbon, pyrite, and heavy
metal sulphide, may induce spontaneous combustion in the weathering process. The four stages of
spontaneous combustion of coal gangue are: oxygen combining with coal gangue through physical
and chemical adsorption; the combined oxygen and pyrite in coal gangue undergoing chemical and
microbial catalytic (Thiobacillus ferrooxidans) oxidation and emitting heat; the combustible carbon being
rapidly oxidized and emitting heat at an accumulation temperature of 80–90 ◦C; and combustion
occurring when the temperature reaches the fire point of the combustible carbon. The critical factors for
causing the spontaneous combustion of coal gangue are combustible substance, oxygen, and thermal
storage environment. The spontaneous combustion of coal gangue usually occurs at a depth of 2 m
from the surface of the coal gangue and causes the release of a large quantity of toxic and harmful
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gases, like CO, H2S, SO2, and NOx into the atmosphere [4–7]. The soluble salt in coal gangue and the
soluble secondary sulfate formed by natural weathering are dissolved and leached under the action
of precipitation and leaching to generate acid mine drainage (AMD), which is harmful to the soil,
river, and groundwater systems. In particular, a considerable amount of toxic metalloids (arsenic (As),
selenium (Se), and antimony (Sb)) and a minute amount of heavy metals (chromium (Cr), copper (Cu),
lead (Pb), and zinc (Zn)) are transformed from sulfide form to soluble sulfate form by oxidation and
contaminate soils and groundwater [8–14].

Many studies have been conducted on the prevention and control of environmental pollution
caused by separate storage of coal gangue. The main options for remediating AMD are divided
into active and passive treatments [6,15–22]. The active remediation, that is, adding the neutralizer,
adsorbents, and sulfate-reducing bacteria into the collected wastewater, both increases the pH value of
the wastewater through acid-base neutralization and reduces the content of sulfates by the adsorption
and precipitation of heavy metals [23–31]. Another treatment is to flow the AMD through the artificial
wetland, which effectively and continuously improves the quality of AMD by adsorption, filtration,
and precipitation [32,33]. In addition, the recycling of wastewater, resource recovery of metals and
rare earth resources from AMD are obtained by conducting electrodialysis, membrane separation,
and nanofiltration, respectively [34,35]. However, the active treatment of AMD derived from coal
gangue needs to meet two requirements: small water flow, and tiny acidic fluctuation. A multi-stage
drainage treatment process should be adopted when the AMD has a high concentration of dissolved
heavy metals. Moreover, the treatment produces large volumes of sludge.

The principal aim of passive treatment is to prevent the AMD produced by the oxidation of pyrite
in coal gangue, and it can be obtained by removing sulfide, isolating water and air, directly passivating
pyrite, and adding antibacterial agents and alkaline components [36]. The risk of AMD leaching
was decreased from the source by removing pyrite from fine-grained coal gangue during the bubble
flotation process [37–39]. Meanwhile, the low-sulfur clean coal was separated from coal gangue by the
oil gathering process [40,41]. By covering coal gangue with soil, desulfurized tailings, activated sludge,
and oxygen-consuming organic matter, or establishing the gangue tailing pond underwater, the coal
gangue was prevented from contact with air, which weakened the chemical oxidation [18,37,42–44].
The carrier-microencapsulation was proposed to passivate pyrite by forming a barrier on the mineral
surface [45,46]. In addition, the chemical and microbial catalytic oxidation (Thiobacillus ferrooxidans) of
pyrite in coal gangue was weakened by mixing with fly ash, quicklime, and limestone, or spraying
antibacterial agents on coal gangue [47–50]. The prevention process requires neither continuous alkali
addition nor sludge retreatment, thus, it shortens the time of the treatment cycle and provides more
economic benefits compared with active treatment [51].

Red mud, as a type of red silt-like solid waste, is generated from alumina production, in which
bauxite is the raw material. Typically, about 1 to 2 tons of red mud are generated from 1 t of
alumina production, and the annual discharge of red mud worldwide is approximately 150 Mt [52,53].
The comprehensive utilization rate of red mud is less than 15%, and the remaining part of red mud is
disposed of by deep-sea dumping or dam storage [54,55]. The particle size of red mud particles is very
small, of which more than 90% of particles have a size range from 5 to 75 µm. Red mud generates a large
amount of fugitive dust after being air-dried and disintegrated, which increases the content of inhalable
particulate matter in the atmosphere [56]. Red mud is a highly alkaline (pH = 10–12.5) and intensely
sodic (exchangeable sodium percentage, or ESP, from 70% to 90%) material [57]. Alkaline components
in red mud include the adsorption alkali and bound alkali. Among them, the adsorption alkali
(free alkali) exists in the forms of Na2O·Al2O3, Na2CO3, NaHCO3, NaAl(OH)4, NaAlO2, Na2SO4

and KOH(H2O)4, which can be directly dissolved and leached, while the bound alkali is composed
mainly of calcite (CaCO3), sodalite (Na6Al6Si6O24·2Na2X), hydrated garnet (Ca3Al2(SiO4)x(OH)12−4x)
and tricalcium aluminate (Ca3Al2(OH)12), which is dissolved through a chemical reaction [58–61].
Leaching of bauxite residues not only results in alkaline pollution and excessive fluoride content in
groundwater but causes salinization and consolidation of the soil [62].
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Therefore, red mud added to prevent acid pollution caused by coal gangue could be a potential
method for solid waste’s co-treatment projects. The present study focused on the release characteristics
of the acid contaminant generated from self-heating oxidation of coal gangue. Meanwhile, during the
co-disposal of red mud and coal gangue, the leaching regularities of acid pollutants were researched
through the automatic temperature-controlled leaching system, which was designed to simulate the
conditions of rapid oxidation precipitation, and leaching. Moreover, an optimal co-disposal program
of red mud and coal gangue was proposed to ensure that water meets the quality standards so that it
could be discharged outward.

2. Materials and Methods

2.1. Samples Preparation

The coal gangue and red mud samples were collected from the No.1 Gangue Dump of Yangquan
Coal Industry and the red mud Reservoir of Zhaofeng Alumina Plant, respectively, both in Shanxi
Province, China. The fresh coal gangue samples were the discharge of raw coal after washing, and their
original particle size composition was>25 mm 61.26 wt%, 13–25 mm 23.51 wt%, and<13 mm 15.23 wt%,
respectively. The pyrite in coal gangue presented in the single crystal, disseminated, and stripped states.
When used directly without any pretreatment, the original sample would have an immense effect on
the comparative analysis of results for the huge fluctuation of the sample composition. Therefore,
the original coal gangue samples were ground into leaching samples, whose diameter was 1 mm,
while the red mud samples obtained from the settled and thickened alumina tailings slurry through a
quick-opening filter press contained 39.84 wt% water. To facilitate the co-disposal test, the red mud
samples derived from the filter process were air-dried, crushed, and sieved into agglomerated samples
with a diameter of 1 mm, which had the same physical and chemical properties as the original red
mud samples [63].

2.2. Mineralogical Determination

The proximate analysis (M, Ash, VM, and FC) of the coal gangue samples (1 mm) was conducted
according to ASTM D 3173-03 (Moisture, M), ASTM D 3174-04 (Ash), ASTM D 3175-07 (Volatile matter,
VM), and the Fixed carbon (FC) was determined by subtracting the sum of M, Ash, and VM from 100%.
The ultimate analysis was performed on an elemental analyzer (Vario MACRO CHNS, Elementar)
with an oxygen kit. The mineralogical compositions of the samples were studied using a D/max-2550
X-ray diffractometer (Rigaku Corporation, Tokyo, Japan) with Cu-K

α1 radiation operating at 40 kV
and 40 mA. The samples were scanned over 3–90◦ 2-theta with a step size of 0.02◦ 2-theta and a
counting time of 1 s. The mineral content of the samples semi-quantitatively analyzed by the reference
intensity ratio (RIR) method was obtained with the help of MDI Jade6.5 software. An XRF-1800 X-ray
fluorescence spectrometer (Shimadzu Corporation, Kyoto, Japan) with Rh radiation and 60 kV(Max)
X-ray tube pressure was used to measure the chemical composition of the samples. The extraction
characteristics of the samples were analyzed according to ASTM D3987-12. The extractant was the
reagent water, of which the volume equalled in milliliters to 20 times the mass in grams of the samples.
Besides, the particle sizes of red mud samples (1 mm) were determined by laser particle analyzer
(LS-POP(VI), Zhuhai, China). All of the mineralogical indicators were measured 3 times, and the data
was analyzed for standard deviation (SD).

2.3. Leaching Experimental Device

To truly simulate the physical and chemical conditions of the self-heating coal gangue dumps’
precipitation, an automatic temperature-controlled leaching system was designed for this research,
as is shown in Figure 1.
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Figure 1. Schematic diagram of the automatic temperature-controlled leaching system and
material loading.

The system was mainly composed of the quartz tube, ceramic band heater, temperature controller,
peristaltic pump, gas sampling bag, solution reservoir, and leachate reservoir. The size of the quartz
tube was Φ 70 mm × 5 mm, h = 300 mm, and the quartz tube and its inside samples were heated by
the ceramic band heater tightly clamped outside. The temperature controller with a control range of
0–300 ◦C was used to detect and control the working temperature of the ceramic band heater. The spray
liquid in the solution reservoir was sent to the quartz tube by the peristaltic pump. The gas sampling
bag collected toxic and harmful gases generated from the heating process, and the leaching solution
was collected by the leachate reservoir.

2.4. Dynamic Heating and Leaching

To explore the prevention effect of red mud on the acid pollution derived from coal gangue
dumps in a self-heating state, it was necessary to grasp the release characteristics of the coal gangue
acid contaminant at different temperatures. Under the condition of the fastest release rate of acidic
components in coal gangue, dynamic leaching tests were performed on the co-disposal of red mud and
coal gangue to research the co-disposal effect.

Firstly, the releasing characteristics of acidic pollutants derived from coal gangue were studied.
The coal gangue samples (1 mm) were separately packed into the quartz tube according to the loading
method shown in Figure 1. The samples were filled into the quartz tube by gravity accumulation
without external pressure. The mass of the coal gangue sample in the middle layer was set as 600 g,
and the height of the coal gangue layer was 60 mm. The upper and lower layers were paved with
10–20 mesh quartz sand to ensure the spray solution’s uniform infiltration and filter out the coarse
particles in the leaching solution. The spray intensity of the peristaltic pump was set to be 6 mL·min−1

according to the rain capacity in Yangquan area (Shanxi Province, China), and the spray liquid was
deionized water. At t = 0 h, the materials in the quartz tube were initially wetted, and the wetting
process was stopped when a 250 mL leaching solution had been collected. Then, temperatures of the
ceramic band heater were set at 50 ◦C, 100 ◦C, 150 ◦C, and 200 ◦C to heat the coal gangue sample.
The quartz tube was heated at intervals of 10 h for spraying operation until 250 mL leaching solution
had been collected, and the cumulative heating time of single factor test (e.g., 50 ◦C) was 160 h. The pH
value, electrical conductivity (EC) value, sulfate (SO4

2−) concentration, oxidation-reduction potential
(ORP), total dissolved solids content (TDS), and acid neutralization potential (ANP) of the leachate
were detected immediately. These indicators of the leachate were repeatedly tested three times, and the
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average value was taken to reduce the detection error. The apparatus and methods are shown in
Table 1, and the dynamic heating and leaching process is shown in Figure 2.

Table 1. The apparatus and methods for detecting pollution indices of leachate.

Parameter Apparatus and Methods

pH FE28-standard pH meter (Mettler Toledo, Küsnacht, Switzerland)
EC DDS-11A electrical conductivity meter (Lei Ci, Shanghai, China)

SO4
2− Water quality-Determination of sulfate-Gravimetric method (GB11899-89)

ORP Orion 3 Star mV Detector (Thermo Scientific, Waltham, MA, USA)
TDS TDS-5 m (Greensky, Hangzhou, China)
ANP Acid-base neutralization titration

Mineral composition D/max-2550 X-ray diffractometer (Rigaku Corporation, Tokyo, Japan)
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Figure 2. Schematic diagram of dynamic heating and leaching process.

Additionally, at the temperature corresponding to the fastest release rate of acidic components
of coal gangue, the dynamic leaching tests of the co-disposal of the coal gangue and red mud were
carried out under the conditions of different mass ratios (12:1, 8:1, 5:1, and 3:1) and storage methods
(alternating 1 layer, 2 layers, 5 layers, and uniform mixing). In the mass ratios study, 600 g coal gangue
(thickness: 60 mm) was used as the mass benchmark and covered with the red mud of different mass,
and the filled red mud masses were 50 g (40 mm), 75 g (60 mm), 120 g (96 mm), and 200 g (160 mm),
respectively, corresponding to the mass ratios of 12:1, 8:1, 5:1, and 3:1. Besides, in the storage method
study, the mass ratio of coal gangue to red mud remained unchanged (e.g., 12:1 or 600 g:50 g), and the
certain mass of coal gangue and red mud was equally divided into 1, 2 and 5 parts, respectively,
corresponding to the storage method of alternating 1 layer, 2 layers, and 5 layers. Each part was filled
into the quartz tube alternately in the order of coal gangue in the lower layer and red mud in the
upper layer. As for the storage method of uniform mixing, the coal gangue and red mud samples were
uniformly mixed by the mixer prototype (MR2L, France). The samples were filled into the quartz tube
by gravity accumulation without external pressure, and the co-disposal dynamic heating and leaching
mechanism was the same as the research method of the release characteristics of the acidic pollutant
derived from coal gangue.

3. Results and Discussion

3.1. Properties of Materials

The proximate and ultimate analysis of coal gangue samples are shown in Table 2.
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Table 2. Proximate and ultimate analysis of coal gangue (wt%, mean ± SD, n = 3).

Proximate Analysis Ultimate Analysis

Moisture, Mad
1 1.07 ± 0.02 Carbon, Cad 17.60 ± 0.06

Ash, Aad 72.70 ± 0.5 Hydrogen, Had 1.36 ± 0.05
Volatile matter, VMad 9.25 ± 0.02 Nitrogen, Nad 0.41 ± 0.03

Fixed carbon, FCad 16.98 ± 0.41 Sulfur, Sad 4.50 ± 0.16
1 ad: Air-dried statement.

The coal gangue had great potential of self-heating and spontaneous combustion, and the content
of the FCad and Cad accounted for 16.98± 0.41 wt% and 17.60± 0.06 wt%, respectively [64]. The potential
acid production of coal gangue was 137.64 kg CaCO3·t−1 calculated by the standard Sobek acid-base
counting test based on the 4.50 ± 0.16 wt% Sad [65]. The coal gangue sample was medium-sulfuric and
had a strong potential for acid production.

XRD pattern of coal gangue revealed that the main minerals consisted of 31.88 ± 0.14% kaolinite,
26.78 ± 0.27% illite, 22.96 ± 0.20% quartz, 9.80 ± 0.37% pyrite and, 8.58 ± 0.09% calcite (Figure 3a).
The content of the clay minerals (kaolinite, illite, and montmorillonite) exceeded 50%. This indicates that
the sample is clay salt coal gangue and had a certain degree of acid neutralization potential, which could
neutralize acidic components generated by coal gangue itself. As is shown in Figure 3b, the mineral
composition of the red mud sample included 51.74 ± 0.35% hydrated andradite, 21.71 ± 0.21% calcite,
21.46 ± 0.05% hydrated sodalite, and 5.09 ± 0.05% hematite. The hydrated sodalites is the main alkaline
component that accounts for the great potential of alkali production in red mud [66].
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Figure 3. The XRD patterns of (a) coal gangue, (b) red mud, and the mineralogical compositions
(%, mean ± SD, n = 3).

According to Table 3, the chemical composition of coal gangue was mainly SiO2 and Al2O3 with
contents of 49.81 ± 0.06% and 24.82 ± 0.13%, respectively. It showed that the main compound in the
coal gangue sample was aluminosilicate. The total content of Al2O3 and Fe2O3 in red mud exceeded
the total mass of SiO2 and CaO, and the content of Na2O was 12.05 ± 0.07%. This indicated that the
red mud sample was the bauxite residue of the Bayer process and was strongly alkaline.

Table 3. Chemical compositions of coal gangue and red mud (wt%, mean ± SD, n = 3).

Material
Oxides

Loss
SiO2 Al2O3 Fe2O3 CaO SO3 Na2O Cr2O3 NiO CuO ZnO PbO

Coal gangue 49.81 ±
0.06

24.82 ±
0.13

9.82 ±
0.05

6.39 ±
0.04

5.52 ±
0.03

0.45 ±
0.01

0.03 ±
0.002

0.01 ±
0.00

0.01 ±
0.00

0.02 ±
0.00

0.01 ±
0.00

27.2 ±
0.12

Red mud 20.43 ±
0.16

25.92 ±
0.09

14.62 ±
0.18

17.22 ±
0.08

2.61 ±
0.02

12.05 ±
0.07

0.06 ±
0.003

0.08 ±
0.002

0.009 ±
0.00

0.01 ±
0.00

0.01 ±
0.00

7.10 ±
0.16
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The shake extraction indices of samples are shown in Table 4. The pH value and ANP of coal
gangue were 7.25 ± 0.04 and −0.071 ± 0.003 g (CaCO3)·L−1, respectively, and it indicated that the
sample presented as weakly alkaline during the shake extraction process. The coal gangue that has not
been weathered and oxidized does not cause acid pollution to the environment. However, the red
mud presented as strongly alkaline, in which the alkaline components were leached in a large amount
during the extraction process, and the pH value was 11.11 ± 0.05. The EC values of coal gangue and
red mud were 0.715 ± 0.009 and 0. 852 ± 0.006 mS·cm−1, respectively, and the TDS were 581 ± 5 and
509 ± 4 mV. Since both the EC value and TDS reflected the concentration of soluble ions in the solution
(natural water EC value, 0.102–2.079 mS·cm−1), the result showed that both extracted solutions of
the samples had little effect on the hardness of water [67]. Moreover, the extracted solutions of coal
gangue and red mud presented as weakly oxidative for the ORP of 141.3 ± 4.2 and 8.52 ± 0.6 mV,
respectively. Besides, the average particle diameter (D(4, 3)) of the red mud sample was 5.74 ± 0.02 µm
and the D90 was 8.59 ± 0.02 µm, indicating that the sample had an extremely fine particle size (Figure 4).
The fine particles cause the red mud to have uniformity of physical and chemical properties and
low permeability.

Table 4. The shake extraction indices of coal gangue and red mud (mean ± SD, n = 3).

Parameter Unit
Material

Coal Gangue Red Mud

pH 7.25 ± 0.04 11.11 ± 0.05
EC mS·cm−1 0.715 ± 0.009 0.852 ± 0.006

ORP mV 141.3 ± 4.2 8.5 ± 0.6
TDS ppm 581 ± 5 509 ± 4
ANP g(CaCO3)·L−1 −0.071 ± 0.003 * −0.52 ± 0.02

* A positive value indicates that the acidic solution consumes alkali, while a negative value indicates that the
solution is alkaline.
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Figure 4. The particle size (mean ± SD, n = 3) distribution of red mud.

3.2. Release Characteristics of Acidic Contamination

The pH value and ANP of leaching solution derived from coal gangue corresponding to different
dynamic heating and leaching tests varied as the cumulative heating time increased, as shown
in Figure 5.
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Figure 5. Variations of (a) pH value and (b) ANP of coal gangue leaching solution at
different temperatures.

As is shown in Figure 5a, the variations of the pH value of coal gangue’s leachate under different
temperature conditions were similar as the cumulative heating time went by, that was, the pH value
increased in the beginning, then decreased and eventually stabilized. When the pH value presented as
stable (t > 80 h), the steady-state pH value decreased at first and then increased as the temperature
increased, during which the minimum pH value was about 4.61 at 150 ◦C (Tc). The minimum pH value
appeared to be strongly acidic and was out of the limit of the WHO guidelines for drinking-water
quality (pH 6.5–8.5). This means that the acidic contamination of coal gangue was fully released under
this temperature condition.

The main acid producing component in coal gangue is the pyrite; the related Equations (1)–(6)
chemical reaction equations during the heating and filtration processes can be seen as follows.

The pyrite produces acids directly by oxidation under the condition of air and water [11]:

2FeS2(s) + 7O2(aq) + 2H2O→ 2Fe2+(aq) + 4SO2−
4 (aq) + 4H+(aq) (1)

FeS2(s) + 14Fe3+(aq) + 8H2O→ 15Fe2+(aq) + 2SO2−
4 (aq) + 16H+(aq) (2)

4Fe2+(aq) + O2(aq) + 4H+(aq)→ 4Fe3+(aq) + 2H2O (3)

The pyrite is oxidized by air without water:

FeS2(s) + 11O2(g)→ 2Fe2O3(s) + 8SO2(g) (4)

2SO2(g) + O2(g)→ 2SO3(g) (5)

4FeS2(s) + 3O2(g)→ 2Fe2O3(s) + 8S(s) (6)

The rate of pyrite’s oxidizing and production acid accelerates with the increase in external
temperature under the condition of water [68,69]. However, when the temperature reaches a higher
state (T > 200 ◦C), a large amount of water inside the coal gangue is evaporated, and it curbs the direct
oxidization and acid production of pyrite. The main products of the pyrite oxidized by the air are sulfur
oxides (SOx) and sulfur (S), which means there is a decrease in the acid-soluble components [70–72].

In addition, the calcite and silicate minerals contained in the coal gangue sample can neutralize
AMD derived from the coal gangue itself, and this causes the pH value to gradually increase in the
early stage of dynamic leaching tests. The related Equations (7)–(9) chemical reaction equations during
the AMD neutralization processes present as follows.

CaCO3(s) + 2H+(aq)⇔ Ca2+(aq) + CO2(g) + H2O (7)
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NaAlSi3O8(s) + 4H+(aq) + 4H2O→ Na+(aq) + Al3+(aq) + 3H4SiO4(aq) (8)

KAlSi3O8(s) + 4H+(aq) + 4H2O→ K+(aq) + Al3+(aq) + 3H4SiO4(aq) (9)

Figure 5b shows that the leaching solution’s ANP was small under a low-temperature condition
(room temperature–100 ◦C), which fluctuated in the range of −0.2–0.18 g (CaCO3)·L−1 and had little
potential to cause acid pollution, under a high-temperature condition (from 150 ◦C to 200 ◦C), however,
the ANP gradually increased as the cumulative heating time increased. In the temperature range of
this study (room temperature–200 ◦C), the ANP reached its highest level at 150 ◦C·(Tc), indicating that
the pyrite in the coal gangue produced the largest quantities of acidic components at Tc, which accords
with the pH analysis results in Figure 5a. Meanwhile, it also indicated that the coal gangue sample
continuously caused acid pollution for a long time under a suitable temperature condition.

The mineral composition of coal gangue samples had been analyzed after being heated separately.
The X-ray diffraction pattern is shown in Figure 6.
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Figure 6. XRD patterns of the remaining coal gangue at different temperatures.

As the temperature increased, the intensity of the diffraction peaks of the pyrite in the remaining
coal gangue weakened first and then strengthened, while that of the gypsum first strengthened and
then weakened, and the change in quartz was not significant. The content of the pyrite was negatively
correlated with the gypsum. The reason is that the sulfide in the coal gangue is heated and oxidized to
produce sulfate, whereas part of the gypsum component in the remaining coal gangue is produced by
the oxidation of pyrite. The pyrite in coal gangue has strong chemical activity. However, the generated
gypsum has good chemical stability, and its coverage on the pyrite can prevent further oxidation and
acid production.

3.3. Co-Disposal Prevention

Based on the research results of the acid pollution release characteristics of coal gangue in
Section 3.2, the temperature of 150 ◦C (Tc) was chosen to carry out the dynamic leaching test through
the co-disposal of red mud and coal gangue to prevent the acid pollution caused by the coal gangue.
The tests were conducted under the condition of different mass ratios and storage methods to find a
suitable storage solution.

3.3.1. Mass Ratio

pH Value

The coal gangue covered with the red mud was stacked in layers with different mass ratios
(12:1~3:1) and then dynamically heated and leached. The pH value of the leaching solution changed as
the cumulative heating time increased, as shown in Figure 7.
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Figure 7. Variations of pH value of co-disposal leaching solution with different mass ratios.

The pH values of the leaching solution corresponding to different mass ratios (12:1~3:1) changed
similarly as the cumulative heating time increased, that is, they gradually decreased and then remained
stable. In the late stage of leaching (80–160 h), the steady-state pH value of the leaching solution
was within the range of the drinking-water quality. This indicates that the addition of red mud can
effectively alleviate the AMD generated from the coal gangue. The AMD is neutralized by the alkaline
component in red mud as described by Equations (10)–(17) [66].

AMD is neutralized by the adsorption alkali:

NaHCO3(s) + H+(aq)→ Na+(aq) + CO2(g) + H2O (10)

Na2CO3(s) + 2H+(aq)→ 2Na+(aq) + CO2(g) + H2O (11)

NaAl(OH)4(s) + H+(aq)→ Na+(aq) + Al(OH)3(s) + H2O (12)

KOH(H2O)4(s) + H+(aq)→ K+(aq) + 5H2O (13)

AMD is neutralized by the bound alkali:

CaCO3(s) + 2H+(aq)→ Ca2+(aq) + CO2(g) + H2O (14)

[Na6Al6Si6O24]·[2NaX, Na2X](s)→ 8Na+(aq) + 6H4SiO4(aq) + 6Al(OH)3(s) + 8X
(

OH−, HCO2−
3

)

(aq) (15)

2H4SiO4(aq) + 4H+ → Si4+(aq) + H2SiO3(aq) + 5H2O (16)

Al(OH)3(s) + 3H+(aq)→ Al3+(aq) + 3H2O (17)

At t = 0 h, the initial wetting solutions corresponding to each mass ratio were alkaline
(pH > 8.5), and the initial pH value increased as the mass ratio decreased. This indicates that
the more bauxite tailings are added, the stronger alkaline of the initial wetting solution would be.
As shown in Equations (10)–(13), the adsorption alkali component in the red mud is particularly
soluble and can be dissolved and leached in a large amount under the action of wetting spray, of which
the leaching amount increases with the addition of red mud. How to effectively control the rapid
dissolution of adsorption alkali in the early stage of leaching is a problem to be solved urgently.

During the entire process, the lower the mass ratio was (12:1→3:1), the higher the pH value of
the corresponding leaching solution was. The pH value corresponding to the low mass ratio (5:1~3:1)
was higher than that of the index limit of the drinking-water quality (pH 6.5–8.5) in the early stage of
leaching (0–80 h). By contrast, the pH value for the high mass ratio (12:1~8:1) was within the range of
the drinking-water quality during the entire process. The cumulative heating time required for the pH
value to reach a stable state increased as the mass ratio decreased, in which the pH value corresponding
to the mass ratio of 3:1 was 100 h. The more red mud was added into the stack, the longer the leaching
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time that was required for the complete leaching of the adsorption alkali component. In the late stage of
leaching (80–160 h), the steady-state pH value increased slowly with the decrease in the mass ratio for
the leaching component of red mud due mainly to the bound alkali. Acid-base neutralizing between
the acidic component produced by coal gangue and the bound alkali component derived from red mud
takes place mainly by the displacement reaction, catalytic reaction, and hydration reaction as shown in
Equations (14)–(17), of which the degree of the acid-base neutralization depends on the content of the
acidic components produced by coal gangue.

ANP

The ANP of the leaching solution obtained from the co-disposal of red mud and coal gangue
according to different mass ratios changed as the cumulative heating time increased, as shown in
Figure 8.
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Figure 8. Variations of ANP of co-disposal leaching solution with different mass ratios.

Throughout the entire heating and leaching process, the ANP values corresponding to different
mass ratios were all negative, and the leaching solution presented as alkaline. Additionally, the ANP
increased rapidly and eventually approached 0 g (CaCO3)·L−1. This further demonstrates that the red
mud could prevent the acid pollution caused by the self-heating oxidation of the separately-stored coal
gangue. At t = 0 h, the ANP of the initial wetting solution increased with the increase in mass ratio
(3:1→12:1). The ANP of the coal gangue wetting solution was 0.10 g(CaCO3)·L−1, while the mass ratio
of 3:1 corresponded to the ANP of −1.27 g(CaCO3)·L−1. This indicates that the addition of red mud
has a significant impact on the ANP of the leaching solution. The possible reason is that the rapid
dissolution of adsorption alkali (free alkali) components in the red mud layer results in the strong
alkalinity in the leaching solution.

In the late stage of leaching (40–160 h), the mass ratio had little effect on the ANP of the leaching
solution, as the ANP of different mass ratios steadily converged towards 0 g(CaCO3)·L−1. Meanwhile,
adding a small amount of the red mud was enough to decrease the ANP of the coal gangue leaching
solution, for it was the bound alkali that neutralized the acidic product produced by coal gangue and
the releasing amount of the bound alkali depended on the quantity of the acid product from coal
gangue. Compared with the pH index of the leaching solution, the cumulative heating time required
for the ANP to reach the steady-state is less than that of the pH value. This indicates that the complex
composition of alkaline minerals in the red mud and its strong anti-acidity capacity could delay the
decrease in the leaching solution’s pH value [73].

EC Value

The EC value of the leaching solution obtained by the co-disposal of red mud and coal gangue in
different mass ratios varied with the cumulative heating time, as shown in Figure 9.
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Figure 9. Variations of EC value of co-disposal leaching solution with different mass ratios.

The EC values of the leaching solutions corresponding to different mass ratios had a similar trend
in the entire heating and leaching process, that was, they first decreased sharply, and then stabilized
at about 2 mS·cm−1 for a long time, which was higher than the range of general natural water’s EC
value (0.102–2.079 mS·cm−1) [74]. This indicated that the co-disposal of red mud and coal gangue
would increase the hardness of the surface water systems and the groundwater bodies after being
leached. The EC value of the solution depends on the concentration of soluble ions and their salt
content. The soluble mineral components contained in the coal gangue and red mud samples were
relatively high and quickly dissolved and released in the early stage of leaching (0–30 h), while they
were significantly reduced in the late stage of leaching (30–160 h). At t = 0 h, the EC values of the
initial wetting solutions corresponding to different mass ratios all reached the maximum, and the
maximum value increased as the mass ratio decreased (12:1→3:1). When the mass ratio decreased
from 8:1 to 3:1, the wetting solution was regarded as highly mineralized water (EC > 10 mS·cm−1).
The coal gangue contains a large number of clay minerals (kaolinite, montmorillonite, and illite),
meanwhile, the red mud contains various forms of adsorption alkali. The clay minerals and the
adsorption alkali components are quickly dissolved and leached under the action of initial wetting and
spraying. The co-disposal of red mud and coal gangue can significantly increase the water hardness.

In the late stage of dynamic leaching (30–160 h), the EC values corresponding to the different
mass ratios reached a stable state. The mass ratio had no significant effect on the steady-state EC
value, for the concentration of soluble ions in the leaching solution depended on the acidic components
produced by the coal gangue and the bound alkali component derived from the red mud. The total
leaching amount of bound alkali depended on the content of acidic components produced by the coal
gangue. Therefore, the mass ratio of coal gangue to red mud does not have a significant impact on the
hardening water quality caused by long-term storage.

Therefore, the mass ratios of the co-disposal of coal gangue and red mud should be 12:1, for the
pH of the leaching solution was within the range of drinking-water quality for a long time and the
leaching solution had the least impact on the hardness of groundwater.

3.3.2. Storage Method

pH Value

The mass ratio of coal gangue to red mud was designed as 12:1, and the dynamic leaching tests
were carried out under the condition of 150 ◦C. The pH value of leaching solution derived from the
co-disposal of coal gangue and red mud based on the different storage methods (alternating 1, 2,
5 layers, and uniform mixing) varied with the accumulated heating time, as shown in Figure 10.
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Figure 10. Variations of pH value of co-disposal leaching solution with different storage methods.

As shown in Figure 10, the storage method of coal gangue and red mud had no significant impact
on the co-treatment of acid-base pollution throughout the entire heating and leaching process. The pH
values of the leaching solution corresponding to the different alternate layers underwent similar
changes, that was, they first decreased, then increased, and finally stabilized. The pH values did not
exceed the drinking-water quality (pH 6.5–8.5) during the entire process, and the steady-state pH value
approached 7.5 in the late stage of leaching (80–160 h).

At t = 0 h, the pH values of the initial wetting solutions reached the maximum, and the maximum
values of pH decreased with the increase in the number of the alternate accumulation layers. It was
the increasing number of the alternate accumulation layer that promoted the coal gangue being in
contact with the red mud to strengthen the acid-base neutralization.

In the early stage of leaching (10–80 h), the pH value of the leaching solution corresponding to the
various storage methods gradually increased. This indicated that the total alkaline concentration of
red mud was higher compared with the acid concentration of coal gangue, for the leaching of the alkali
in the red mud sample contained the adsorption alkali and the bound alkali at this stage. The bound
alkali has a strong buffering capacity, which can fully react with the acidic components generated from
coal gangue by displacement, catalytic, and hydration reactions. In the late stage of leaching (90–160 h),
the pH value tended to be stable, and the steady-state pH value was not significantly affected by the
number of alternate accumulation layers, for the residual content of adsorption alkali in the red mud
sample was extremely small. Besides, the leaching alkali solution mainly contained the bound alkali in
the late stage, and the amount of bound alkali leaching depended on the total amount of acid produced
by the oxidation of coal gangue.

ANP

The ANP of the leaching solution varied with the cumulative heating time, as shown in Figure 11.
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Figure 11. Variations of ANP of co-disposal leaching solution with different storage methods.
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Figure 11 shows that the ANPs of the leaching solution corresponding to various stacking methods
had a similar change during the entire heating and leaching process. The ANP reached a stable state
after a rapid increase and the steady-state value approached −0.04 g (CaCO3)·L−1, which did not cause
acid-base pollution to the surrounding water bodies. At t = 0 h, the ANP of the initial wetting solution
was the smallest while alkalinity was the strongest. Meanwhile, the ANP decreased with the increase
in the alternating stacking layers but the uniform mixing one increased exceptionally, for the ANP was
determined by the acidic components of coal gangue, the alkaline components of coal gangue, and the
adsorption alkali of red mud at the early stage of leaching. The alkaline components of coal gangue are
mainly clay minerals, which leached in large amounts during the initial wetting, and the amount of
leaching increases with the increase in the number of alternate accumulation layers of coal gangue and
red mud.

During the late stage of leaching (40–160 h), the ANP of the leaching solution tended to be stable
and was not significantly affected by the storage methods of coal gangue and red mud. The soluble
clay minerals in the coal gangue and the adsorption alkali in the red mud were eluted in the early
stage of leaching. However, in the late stage of leaching, the ANP of the leaching solution was mainly
determined by the acidic components produced by the oxidation of pyrite and the bound alkali derived
from red mud. The amount of bound alkali leaching depended on the amount of acid produced by
the coal gangue oxidation. Therefore, there was no significant difference in the ANP of the leaching
solution for the different storage methods.

EC Value

The EC value of the leaching solution varied with the cumulative heating time, as shown
in Figure 12.
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Figure 12. EC value variations of the co-disposal leaching solutions corresponding to various
storage methods.

Figure 12 shows that the EC value of the leaching solution corresponding to different storage
methods had a similar change with the cumulative heating time, that was, it first decreased sharply
and then remained stable, and the steady-state value was lower than 1.5 mS/cm. The variation of ANP
indicated that the soluble minerals in the co-disposal of coal gangue and red mud under the different
storage methods leached rapidly in the early stage.

At t = 0 h, the EC value of the initial wetting solution corresponding to the different storage
methods reached the maximum, and the maximum value increased as the alternate accumulation
layers increased. It also indicated that the increased contact area between coal gangue and red mud
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helped to improve the leaching of the clay minerals in the coal gangue and the adsorption alkali in the
red mud.

In the late stage of leaching (30–160 h), the different storage methods had no significant effect
on the steady-state EC value, for the soluble salt content of coal gangue and red mud had decreased,
and the soluble minerals leached were mainly the acidic components obtained from coal gangue
and the bound alkali components of red mud. The leaching amount of bound alkali depended on
the amount of acid derived from coal gangue. Meanwhile, the acid produced by the oxidation of
coal gangue was significantly affected by the sulfur content of coal gangue, the external temperature,
and the degree of being contact with the air but had nothing to do with the co-disposal method of coal
gangue and red mud.

Considering the operability of the co-disposal of coal gangue and red mud to prevent and control
the acid pollution caused by coal gangue, it is proper to adopt the alternative single layer by the coal
gangue covered with the red mud during the stacking process.

4. Conclusions

(1) The acid production rate of coal gangue is significantly affected by the self-heating temperature.
The oxidation degree of pyrite increases as the self-heating temperature increases. However, excessive
temperature leads to the reduction in soluble acidic products. In the temperature range of this study,
coal gangues had the fastest rate of acid production at 150 ◦C, the leaching solution presented as
strongly acidic and the acid pollution to the environment lasted for a long time.

(2) The addition of red mud can significantly alleviate the acid pollution caused by coal gangue
and has long-term effectiveness in the treatment of acid pollution. The mass ratio of coal gangue to
red mud has a significant impact on the co-treatment of acid-base pollution. The most appropriate
mass ratio was 12:1, and it ensured that the acid pollution index of the leaching solution reached the
standard for long-term discharge. However, the co-treatment effect on acid-base pollution was not
significantly affected by the storage method. It was more appropriate to adopt the alternate one layer
stacking method to simplify the co-disposal of red mud and coal gangue.

(3) The physical and chemical process of covering red mud to prevent acid pollution derived from
coal gangue is complex, which involves the gas-solid-liquid three-phase complex chemical environment.
Various components are involved in direct and indirect chemical reactions, microbial catalytic oxidation,
and displacement reaction. Mutual transformation occurs under the action of chemical reaction,
and migration occurs under the action of thermal stress and seepage force field. Thus, the mechanism
of co-disposal of coal gangue and red mud used for alleviating the acid-base pollution, and the
transformation states of pollutant components, need to be further studied.
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Abstract: Acid mine drainage (AMD) generated from the mining industry elevates environmental
concerns due to the pollution and contamination it causes to bodies of water. Over the years,
passive treatment of AMD using alkalinity-generating materials have been widely studied with pH
neutralization as its commonly observed mechanism. During the treatment process, heavy metal
removal is also promoted by precipitation due to pH change or through adsorption facilitated by
the mineral component of the materials. In this study, four materials were used and investigated:
(1) a low grade ore (LGO) made up of goethite, calcium oxide, and manganese aluminum oxide
(2–3) limestone and concrete aggregates (CA) composed of calcite, and (4) fly ash consisting of quartz,
hematite, and magnetite. The performance of each alkalinity-generating agent at varying AMD/media
ratios was based on the change in pH, total dissolved solids (TDS), oxidation reduction potential (EH);
and heavy metals (Fe, Ni, and Al) removal and sulfate concentration reduction. Concrete aggregate
displayed the most significant effect in treating AMD after raising the pH to 12.42 and removing
99% Fe, 99% Ni, 96% Al, and 57% sulfates. Afterwards, the efficiency of CA at various particle sizes
were evaluated over 1 h. The smallest range at 2.00–3.35mm was observed to be most effective after
60 min, raising the pH to 6.78 and reducing 94% Fe, 78% Ni, and 92% Al, but only 28% sulfates.
Larger particles of CA were able to remove higher amounts of sulfate up to 57%, similar to the jar
test. Overall, CA is an effective treatment media for neutralization; however, its performance can be
complemented by a second media for heavy metal and sulfate removal.

Keywords: iron hydroxide; iron oxyhydroxide; acid mine drainage; nickel ore; fly ash; concrete
aggregate; calcite; goethite; hematite; magnetite; quartz

1. Introduction

Acid mine drainage (AMD) is known as one of the worst environmental problems worldwide
related to mining, mineral processing operations, and other large-scale excavations [1,2]. It is
characterized by low pH and high concentrations of sulfate, heavy metals, and other toxic elements,
which cause negative effects to the surrounding areas [3,4]. In the United States, there is an estimated
20,000 to 50,000 mines capable of impacting up to 10,000 miles of water bodies, since 90% of the
mines are abandoned [5]. Other countries with a large number of mines include Australia (52,534),
Canada (10,139), South Africa (>6000), Japan (5487), China (>5000), the UK (>2000), and South Korea
(1692) [6]. In the Philippines, the mining industry has significantly contributed to the economy with
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an estimated $840 billion worth of mineral wealth that had not been extracted as of 2012 [7]. In 2019,
the industry contributed 0.6% to GDP and 6% of the total exports, which amounted to approximately
$2 billion and $4.3 billion, respectively [8]. However, generation of AMD from several AMD-generating
mine sites has posed a detrimental effect on the environment [4].

One of the main and most common minerals responsible for AMD is pyrite (FeS2) [9]. It is typically
found in sediments, ore deposits, mineralized veins, hydrothermally altered rocks, and soils [3,10].
As mining activities expose pyrite and other sulfide-bearing ores to oxygen and water, AMD production
accelerates [11]. Pyrite oxidation is facilitated by various reactions that occur in different situations as
shown in Equations (1)–(6) [9,12].

FeS2 + 15/2O2 + 7/2H2O→ Fe(OH)3 + 2SO4
2− + 4H+ (1)

FeS2 + 14Fe3+ + 8H2O→ 15Fe2+ + 2SO4
2− + 16H+ (2)

4Fe2+ + O2 (aq) + 4H+→ 4Fe3+ + 2H2O (3)

FeS2 + 8H2O→ Fe2+ + 2SO4
2− + 16H+ + 14e− (4)

O2 (aq) + 4H+ +4e−→ 2H2O (5)

Fe3+ + e−→ Fe2+ (6)

FeS2 + 15/4O2 + 1/2H2O→ Fe3+ + 2SO4
2− + H+ (7)

Equation (1) describes pyrite oxidation when exposed to oxygen and excess water at a neutral
pH. On the other hand, Equation (2) utilizes Fe3+ as the oxidizing agent with excess water and
proceeds at a faster rate compared to that of Equation (1) [13]. In this case, Fe3+ is generated by
Equation (3) or through iron-oxidizing bacteria [12]. Equation (4) shows the electrochemical reaction
which occurs in aqueous systems. Dissolved oxygen and Fe3+ are reduced in their respective cathodic
sites through the electrons (Equations (5) and (6)) transferred from the anodic sites of the pyrite
crystal until its dissociation [14]. Equation (7) represents the complete oxidation of pyrite in low water
content. This reaction is accompanied by the odd formation of goethite (α-FeOOH) or schwertmannite
(Fe8O8(OH)6·nH2O) [15]. As the oxidation process occurs, acidic water interacts with rocks containing
various minerals and dissolves toxic metals along the way. Fe, Al, sulfate, and bicarbonate are the
most common ions dissolved in AMD [2]. Moreover, pyrite alone is known to be incorporated with As,
Pb, Cu, Zn, Se, and B, depending on its source [3].

The pollution caused by AMD in bodies of water poses a serious threat to surrounding
flora and fauna [4]. Thus, proper treatment of acid mine drainage is necessary during and after
operations. Generally, not all mine sites have the same AMD potential, and thus different active
and passive treatments are employed in treating produced AMD from various mine sites [11,16,17].
Active treatments include using alkaline metals to precipitate metals, adsorption, ion exchange,
and membrane technology, among others [9]. These methods are typically used to treat AMD with
very high levels of acidity while being capable of adjusting to the varying geochemical properties.
However, active treatment is limited by its cost and sludge generation, making it unsustainable in the
long run [6]. In comparison, passive treatments are considered to be more cost-effective to use in a
closed and abandoned mine site due to the stable chemistry at these mine sites as well as the accessible
land for remediation systems [16,18]. As a result of several closed and abandoned mine sites in the
Philippines, passive treatment is employed in this study [19].

In the passive treatment of AMD, some of the materials used that generate alkalinity are
limestone (CaCO3), lime (CaO), hydrated lime (Ca(OH)2), pebble quicklime (CaO), periclase (MgO),
magnesite (MgCO3), brucite (Mg(OH)2), dolomite (MgCO3·CaCO3), fly ash, soda ash (Na2CO3),
caustic soda (NaOH), and ammonia (NH3) [16,20,21]. AMD is treated through pH neutralization as
the materials generate alkalinity through the reaction of oxide minerals present. Limestone is the main
material in some passive treatment systems such as open limestone channels (OLCs), open limestone
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drains (OLDs), and limestone leaching beds (LLBs) [22–24]. However, a major drawback encountered
in these systems is the armoring with hydroxides when heavy metal concentrations, specifically Fe,
are too high [25]. In addition, these systems are unable to treat AMD with pH < 2 and flows greater
than 50 L/s. Moreover, effluents would only reach up to pH 8, rendering the treatment ineffective
against some heavy metals with higher solubilities [6]. In addition, waste by-products were also used
as an alkalinity-generating material. These waste by-products are eggshell waste [26], wood ash [27],
phosphatic waste rock [28], and concrete aggregate [29]. Another material used in recent studies was
serpentinite ((Mg,Fe,Ni,Al,Zn,Mn)2–3(Si,Al,Fe)2O5(OH)4) found in mining waste rock that belongs to
the serpentine group of minerals considered as alkaline-rich [30,31]. After a series of batch experiments,
serpentinite was able to raise the pH of the AMD to 4.5, 5.5, and 6.5–8.5 for the first, second, and third
series of experiments, respectively [32]. In terms of metal removal, the mineral was able to remove
99.95–100% Fe, 85.7–98.9% Al, and 27.3–28.8% SO4 from the synthetic acid mine drainage.

In the Philippines, nickel mines are ubiquitous and account for 29 out of 104 operational mines
in the country [8]. However, only those containing >1.4% Ni are eligible for exportation, with the
remaining material considered as low-grade ore (LGO). This is combined with deposits that have
relatively high purity to meet the standard; otherwise, the LGO will be stockpiled in mine sites.
The stock would then act as a source of pollution when its runoff flows to nearby streams. In order
to repurpose LGO, it was characterized and its potential to treat AMD was evaluated. Goethite was
identified as a major component. Moreover, LGO was able to remove >99% Fe and Al, 94% Ni,
and 93% of sulfate despite only raising pH from 2.21 to 5.36 [33]. This shows the potential of LGO to
complement an alkaline-generating material in treating AMD to make up permeable reactive barriers.
Permeable reactive barriers are an example of an in situ passive treatment wherein the contaminants
are immobilized via adsorption, precipitation process and ion exchange. Some examples of these
are iron oxyhydroxides (FeOOH), iron oxides (FexOy), and carbonates (CO3

2−). Iron oxyhydroxides
naturally occurs as the following minerals: α-FeOOH (goethite), β-FeOOH (akageneite), γ-FeOOH
(lepidocrocite), and δ-FeOOH (feroxyhyte). Among the polymorphs of FeOOH, its most common form
occurs as goethite and lepidocrocite. Past studies made use of these minerals in the adsorption of
cadmium (Cd), copper (Cu), zinc (Zn), lead (Pb), selenium (Se), and chromate (CrO4

2−) [34–36].
Even though limestone has been widely studied, its limitations generated from previous studies

due to its low solubility above pH 7 and armoring have led the researchers of this study to look
for alternative alkalinity-generating materials [2]. Concrete aggregate, fly ash, and low-grade nickel
ore are waste materials in abundant supply locally and are considered to be excellent alternatives.
Concrete aggregate makes up as much as 50% of municipal solid waste while 1.4 MMT of fly ash is
generated annually [37,38]. In addition, these materials have varying composition compared to those
used in previous studies, and thus, performance in AMD treatment would also differ. Hence, this study
is conducted to evaluate the efficiencies of low-grade nickel ore, fly ash, and concrete aggregate in
comparison with limestone in passive treatment of AMD. The treatment efficiencies were evaluated in
terms of the geochemical properties and the heavy metal and sulfate concentration of the treated AMD.

2. Materials and Methods

2.1. Materials and Reagents

Low-grade nickel ore (LGO), limestone, fly ash, and concrete aggregates were the four locally
available neutralizing agents compared based on their efficiencies in treating acid mine drainage
(AMD). LGO and limestone were both collected from a mine site in Mindanao, Philippines. Fly ash
was obtained from a coal-fired power plant situated in Bataan, Philippines; while concrete aggregates
were collected from a local construction site in Manila, Philippines. Concrete aggregate and limestone
were crushed and sieved through a mesh size 20 (<841 µm) to obtain their powder form. LGO and fly
ash were left as they were since particle size analysis was not possible for these during the study.
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2.2. Synthetic Acid Mine Drainage Preparation

The treatment efficiencies of the neutralizing agents were evaluated with a synthetic solution
of acid mine drainage (AMD) based on Bernier (2005) [32]. The synthetic AMD was prepared with
analytical grade reagents diluted to 7 L of distilled water, as shown in Table 1. Then 1.5 M sulfuric
acid was carefully added dropwise to adjust the acidity of the synthetic solution. The geochemical
properties of the synthetic solution, including the metals (Fe, Ni, and Al) and sulfates content are
immediately measured, which are summarized in Table 2.

Table 1. Reagents needed for synthetic acid mine drainage (AMD) preparation.

Reagents Mass (g)

FeSO4·7H2O 65.46

Al2(SO4)3·18H2O 17.28

NiSO4·6H2O 9.39

CuSO4·5H2O 1.4

MnSO4·H2O 1.4

MgSO4·7H2O 1.4

1.5 M H2SO4 60 mL

Table 2. Geochemical properties and metal content of synthetic AMD.

Parameter Measurement

pH 2.44
Oxidation-Reduction Potential (EH) 453.6 mV

Conductivity 6.98 mS/cm
Total Dissolved Solids (TDS) 3420.5 ppm

Fe 1647.48 ppm
Ni 302.49 ppm
Al 690 ppm

Sulfates 30,350 ppm

2.3. Characterization of Neutralizing Agents

The four types of neutralizing agents were analyzed for their whole-rock chemistry and mineralogy.
The chemistry of the materials was determined using X-ray Fluorescence (Horiba Scientific XGT-7200
X-ray Analytical Microscope, HORIBA Ltd., Kyoto, Japan). The samples were dried to 105 ◦C to remove
the free moisture content before undergoing actual XRF procedures. Meanwhile, X-ray Diffraction
was employed to analyze their mineralogy using Shimadzu LabX XRD-6100 X-ray Diffractometer
(Shimadzu Scientific Instruments, Columbia, MD, USA) at step size = 0.02◦ over a 5–60◦ 2θ range.
Furthermore, limestone and concrete aggregates underwent mechanical crushing and sieving in order
to obtain fine powder particles (<0.841 mm) similar to the other two samples of neutralizing agents
(LGO and fly ash).

2.4. Jar Test Using Different Alkaline-Generating Materials

For the first batch of experiment, an overhead stirrer (Lovibond Floc Tester, Tintometer Inc.,
Dortmund, Germany) was employed to evaluate the efficiency of each neutralizing agents in treating
synthetic AMD with various AMD/Media ratios of 0.75, 1.0, 1.5, and 2.0 mL/g. Constant mixing at
180 rpm was done for 1 h. Afterwards, the mixtures settled for 30 min before collecting 50 mL of the
supernatant for analysis.
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2.5. Batch Test Using Various Particle Sizes

In order to determine the effect of varying particle sizes, concrete aggregate, the most efficient
neutralizing agent from the jar test, was utilized. The material underwent crushing and mechanical
sieving to obtain particle sizes of 4.75 mm, 3.35 mm, and 2.00 mm. Similarly, the AMD/Media ratio of
0.75 mL/g wherein the four neutralizing agents performed best was used in this set of runs. In each
run, enough AMD is poured into the reactor containing concrete aggregate to achieve the desired
AMD/media ratio. Samples are obtained at specific time intervals through a spout located at the
bottom of the reactor (Figure 1). Analysis of geochemical properties, heavy metals, and sulfates
content were done for all treated samples from both batch experiments. Benchtop meters were used to
measure geochemical properties of the treated samples, specifically: pH, reduction-oxidation potential
(EH), conductivity, and total dissolved solids (TDS). On the other hand, heavy metals and sulfate
content were analyzed through atomic absorption spectrometry (AAS) (Shimadzu AA-6300, Shimadzu
Scientific Instruments, Columbia, MD, USA) with the following detection limits: Fe, 0.06–15 ppm;
Ni, 0.1–20 ppm; Al, minimum DL = 0.01 ppm; sulfates, minimum DL = 1 ppm.

 

−

±
±
±
±
±

±

Figure 1. Schematic diagram of the batch test reactor.

2.6. Geochemical Modeling

Geochemical models were developed to complement the experimental results and allow
further insight into the processes during the treatment of AMD. PHREEQC Interactive v.3.6.2
(USGS, Reston, VA, USA) [39] was used to calculate the saturation indices of potential precipitates
using the THERMODEM database from the BGRM Institute, and the data obtained from AAS analysis.
Ca and HCO3

− were counted in the effluent solution to consider the dissolution of calcite from
limestone and concrete aggregates. On the other hand, Ca was included for the fly ash-treated effluent.
These ions were incorporated to show the precipitates that may form when AMD is treated with
these materials.

3. Results

3.1. Whole Rock Chemistry

The whole rock chemistry of the materials in terms of their oxide composition is presented
in Table 3. Furthermore, oxide composition of the concrete aggregate provided was taken from
literature [40–42] since no actual analysis was available.
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Table 3. Percentage of oxide composition of neutralizing agents.

Element
Material

LGO Limestone Fly Ash Concrete Aggregate [40–42]

Al2O3 4.19 0.93 8.55 4.71 ± 1.50
CaO 4.56 85.66 16.04 58.57 ± 11.68

Fe2O3 54.07 7.59 44.63 4.11 ± 1.88
MgO 7.96 0.02 n/a 1.38 ± 1.01
SiO2 23.87 1.78 24.65 26.63 ± 9.75
NiO 2.13 0.76 n/a n/a

Others 3.22 3.26 6.13 4.03 ± 1.87

n/a =metal oxide was not included in the analysis.

Table 3 shows that LGO is mainly comprised of iron oxide in the form of Fe2O3 (54.07%), followed
by silicon dioxide (23.87%). Other oxides present are aluminum (4.19%), calcium (4.56%), magnesium
(7.96%), and nickel (2.13%). Basic oxides in the form of CaO, MgO, and NiO are only less than 10%
in total which suggests that LGO would raise the pH but not to a neutral pH. Additionally, SiO2,
which makes up for 23.87% of the sample is considered a very weak acidic oxide and would mean that
it could be factor in decreasing the pH even for a little amount.

The limestone used consisted of 85.66% CaO with less than 10% other metal oxides. CaO, MgO,
and NiO are among the basic oxides that exist in limestone and would suggest that it would be
able to successfully neutralize the AMD. On the other hand, fly ash was mainly composed of Fe2O3

(44.63%) and SiO2 (24.65%), similar to LGO. Although fly ash is comparable to LGO, its performance
can be varied as its CaO content is greater. Its SiO2 content, however, may also limit its capability in
neutralizing the solution.

Lastly, numerous studies show that concrete aggregate [40–42] has CaO and SiO2 as its main
components. The presence of CaO in this material suggests that it has the potential to increase pH of
acidic solutions, in this case, AMD.

3.2. Mineralogy

Figure 2 shows the presence of goethite in LGO along with calcium oxide and manganese
aluminum oxide. Goethite is a form of an iron oxyhydroxide, and in their poorly crystalline form holds
higher surface area and smaller site density [43,44]. The presence of higher surface area and smaller
site density of iron oxyhydroxides makes its sorption capabilities more extensive [45].

 

 

Figure 2. X-ray diffraction of raw low-grade ore, limestone, concrete aggregate, and coal fly ash.
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Limestone, on the other hand, is mostly composed of the mineral calcite (CaCO3), which is also
the same with the XRD results from past studies [46,47]. Whereas results for fly ash show that quartz,
magnetite, and hematite are the minerals present in the sample. Lastly, concrete aggregate had similar
result with limestone having calcite on its peaks.

3.3. Jar Test Using Various Neutralizing Agents

The geochemical properties of AMD treated using the four neutralizing agents are shown in
Figures 3–6. The highest pH recorded was 11.53 using concrete aggregates at 0.75 mL/g AMD/Media
ratio. Furthermore, all four materials had similar trends wherein the highest pH attained was observed
at the lowest ratio (0.75 mL/g). Among the four, LGO appeared to have the minimum neutralizing
capability as it only raised the pH to 4.66; while limestone was able to raise the pH of the solution
to a value of 6.62 whereas fly ash was capable of neutralizing the solution and raising the pH up to
9.34. Finally, the trend for the change in pH, expected to be based on their alkaline component, CaO,
was not followed.

 

 

Figure 3. Effect of AMD/Media ratio on pH after 1-h mixing.

 

 

Figure 4. Effect of AMD/Media ratio on EH after 1-h mixing.
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Figure 5. Effect of AMD/Media ratio on total dissolved solids (TDS) after 1-h mixing.

 

 

Figure 6. Effect of AMD/Media ratio on conductivity after 1-h mixing.

The initial EH reading of the synthetic solution was 254 mV. After conducting jar test, the AMD
treated with concrete aggregate and fly ash caused the redox potential of the solution to be negative.
The AMD treated with LGO still had a high redox potential close to the initial value since the solution
was still essentially acidic as it was not able to get neutralized significantly.

The AMD treated using a ratio of 0.75 mL/g had the lowest value of total dissolved solids (TDS)
and conductivity for all neutralizing agents. After jar test, LGO-treated AMD at 0.75 mL/g ratio had the
lowest TDS and conductivity suggesting that low-grade ore was able to remove the most amount of
heavy metals from the synthetic solution. Meanwhile, TDS and conductivity results from the solution
treated by limestone had a significant increase when ratio of 1.0 and 1.5 were used, then had a decrease
when the ratio of 2.0 was employed. Heavy metal ions were removed through adsorption onto goethite
present in LGO while precipitation is the main suspect in the removal of heavy metal ions in the
other three materials which resulted to a more alkaline effluent [33,40,48]. In relation to its pH results,
ratio 1.5 for limestone also had the lowest pH attained which could suggest that heavy metals in AMD
were not able to precipitate as much at that pH level as compared to the other ratios.
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The comparison for the metals (Fe, Ni, and Al) and sulfate concentrations of the initial and
treated synthetic AMD is shown in Figure 7. The trend of removal was expected wherein the lowest
AMD/Media ratio corresponds to the highest removal of metals and sulfates for each material used.
For iron, the removal was fairly consistent at 99% at ratio of 0.75 up to 1.5 mL/g for LGO and all
ratios using fly ash and concrete aggregate. Meanwhile for nickel, removal was only at most 80%
using LGO and 70% for limestone; but it attained almost complete removal when fly ash and concrete
aggregate were used with any of the ratios employed. Aluminum also reached complete removal as
high as 98% using LGO at 0.75 mL/g, while only achieving 82% at 2.0 mL/g, which was the highest
removal for aluminum among the four materials. Nevertheless, out of the four metals and sulfates,
iron was removed most efficiently wherein complete removal was almost achieved at >99% for all
neutralizing agents.

 

Figure 7. Effect of AMD/Media ratio on the removal of (a) iron; (b) nickel; (c) aluminum; and (d) sulfates.

3.4. Effect of Particle Size on AMD Treatment

After the treatment of AMD, the highest pH measured was 6.78 at the 60-min interval of
3.35 mm–2.00 mm size range; whereas pH obtained upon using 4.75 mm–3.35 mm was at 6.42;
and pH 6.16 was obtained using 4.75 mm (Figure 8a). The results do not reflect a similar behavior
of the concrete aggregate material as seen in the previous experiment. This may be due to the slow
dissolution rate of Ca-based compounds which is slower compared to that of other chemicals, and thus
there is a need for mechanical mixing to increase its neutralizing capacity [49].

In comparison with the result obtained from using concrete aggregate in the jar test which
resulted to 99.64% removal for Fe and 99.69% removal for Ni, percent removals acquired for the batch
experiment (Figure 9) have significant difference which may be accounted to the improved optimal
surface exposure provided by the constant mechanical mixing, as compared to the undisturbed contact
between the concrete aggregate and AMD without mechanical mixing. Additionally, only little amount
of Ni was removed from the AMD solution after 1-h treatment. Again, the smallest particle size was
still able to remove more metals than compared to the other two sizes as it had the largest total surface
area reacting with the synthetic solution.
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Figure 8. Effect of particle size on (a) pH; (b) EH; (c) TDS; and (d) conductivity after 1-h contact.

 

 

∙
∙

Figure 9. Effect of particle size on the removal of (a) iron; (b) nickel; (c) aluminum; and (d) sulfates.

4. Discussion

4.1. Comparison of the Treatment Efficiencies of Various Neutralizing Agents

Low grade ore (LGO) caused a slight change in pH of synthetic AMD from 2.44 to 4.46 at the
0.75 ratio. However, this material caused the largest decrease in total dissolved solids and conductivity,
suggesting that it was able to remove the largest amount of metals and sulfates from the solution.
Its performance can be attributed to the capabilities of goethite to adsorb metals such as nickel, copper,
manganese, and aluminum [50], including sulfates [51]. Such capabilities of goethite hold true as it is
often poorly crystalline and rich in impurities that makes it have high specific surface area with good
surface activity. Furthermore, the material’s surface area and site density are important factors for
determining its capabilities as a good adsorbent [50]. Aluminum may not only be adsorbed onto the
surface of goethite but also substitute some of the Fe on the surface by as much as 33 mol% to form
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Al-FeOOH [52]. This compound has shown a higher adsorption rate of Ni in comparison to goethite
through inner-sphere surface complexation [53]. PHREEQC suggests that some precipitates formed,
such as anhydrite (CaSO4), gypsum (CaSO4·2H2O), bassanite (CaSO4·0.5H2O), diaspore (AlO(OH)),
boehmite (AlO(OH)), and gibbsite (Al(OH)3), in decreasing saturation indices (SIs). During their
formation, Ni and sulfate ions co-precipitate with the aluminum hydroxides, resulting in a higher
sulfate removal at a higher ratio when using LGO as treatment media [54].

Limestone was not able to successfully neutralize the synthetic AMD, thus revealing its limitation
in neutralization that may be due to its low solubility and armoring. The latter occurs after the initial
neutralization process when Fe precipitates on the surface of the limestone, slowing down the rate of
its dissolution [21]. Based on geochemical modeling, these are magnetite (Fe2O3), goethite (FeOOH),
lepidocrocite (FeOOH), and ferrihydrite (Fe(OH)3), and siderite (FeCO3). Other precipitates were
diaspore, boehmite, gibbsite, gypsum, and bassanite. Nonetheless, results obtained from treating AMD
with limestone were expected to be and were indeed consistent in comparison to past studies, as it has
a neutralizing capability ranging from pH 6.00 to 7.5 [55]. Nickel is still quite soluble at this range,
suggesting that its removal may have been mainly due to co-precipitation and cation sorption on the
surface of the Fe and Al precipitates [56].

Fly ash performed better in increasing the pH of AMD despite containing 16.04% CaO only.
This shows that the CaO component in fly ash is more readily dissolved relative to that of
limestone. Other studies have observed a similar change in pH and attributed it to the dissolution
of the fly ash [43,57,58]. At the pH level reached using this material, PHREEQC suggested the
precipitation of the following: dolomite (CaMg(CO)3), hydrotalcite (Mg4Al2O7·10H2O), magnesite,
diaspore, boehmite, gibbsite, NiCO3, nesquehonite (MgCO3·3H2O), lansfordite (MgCO3·5H2O), artinite
(Mg2(OH)2(CO3)·3H2O, spinel (MgAl2O4), gypsum, and anhydrite. Concrete aggregates had the
highest effluent pH = 11.75. This allowed the precipitation of Ni compounds, specifically NiCO3

and Ni(OH)2. PHREEQC also showed the formation of ettringite (Ca6Al2(SO4)3(OH)12·26H2O),
magnetite, goethite, lepidocrocite, ferrihydrite, diaspore, boehmite, gibbsite, gypsum, and anhydrite.
Iron compounds had the highest Sis, followed by those containing nickel, then aluminum, and sulfates.

Overall, oxyhydroxides had relatively high SIs followed by hydroxides, gibbsite (Al(OH)3),
and ferrihydrite (Fe(OH)3), except for LGO, wherein gypsum had the highest SI. The precipitates from
the use of concrete aggregates also followed a different trend, dictated by the metal component rather
than the presence of hydroxides and oxyhydroxides.

4.2. Effect of Particle Size on Acid Mine Drainage Treatment

The trend of pH shown in Figure 8a for this batch experiment was based from the amount of
material exposed to the AMD in contrast to the jar test which is significantly affected by the amount of
alkalinity generating component from each neutralizing agent. The trend was consistent with the size
ranges being tested as the highest pH was obtained from the small particle size, which is attributed to
the total surface area exposed and reacted with the AMD. However, only minute differences between
the obtained pH was observed from each particle size range which may be accounted to the minor size
differences concrete aggregate; thus, a more significant variation of sizes may be employed in order to
further understand their effects.

As for the removal of Fe, majority was removed using the smallest particle size which attained a
pH value of 6.78. Its successful removal can be attributed to its supposed precipitation at a pH range of
3.0–6.0 and would dissolve again at pH 7.0 and above. Since the pH of the AMD had almost reached a
value of 7.0, it would suggest that this may have caused the leftover dissolved Fe concentration of
around 180 ppm. On the other hand, Al removal is more efficient with larger particles. This may be
due to the rate of pH change in the treated AMD. The longer neutralization time needed by larger
particles may benefit the formation of Al precipitates, which translates to a higher Al removal from
AMD. This trend is also observed for sulfates which may be highly influenced by the speciation of Al
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over time and similarly affected by the rate of pH change. However, the limited data available from
the experiment need to be expanded to verify this claim.

5. Conclusions

This study was conducted to determine the AMD treatment efficiency of low-grade nickel ore,
limestone, fly ash, and concrete aggregates as alternative alkaline-generating materials at varying
AMD/Media ratio following a 1-h contact time. After which, the effect of particle size was evaluated
using the material that displayed the most significant result from the first batch of experiment.
The optimal AMD/Media ratio was used for the second batch of experiment while maintaining the
residence time to 1 h and varying grain size from 4.75 mm to 2.00 mm.

Results from the first batch of experiment showed that concrete aggregate provided the most
significant result among the four neutralizing agents that were used. Although fly ash was able to
elevate the pH of AMD to 9.34, AMD treated with concrete aggregates displayed the most improvement
based on geochemical properties and heavy metal concentrations. Alternatively, despite a high
percentage removal of sulfate (82.22%) obtained using LGO, the treated AMD had a pH of 4.66 which
is very far from the acceptable pH range of 6.5–9.0. Limestone, on the other hand, had the least
percentage removal of sulfates (32.47%) despite it having a significant percentage removal for heavy
metals. It was also not able to neutralize the AMD to at least neutral level.

The second batch of experiment showed that the smallest particle size range of concrete aggregates
had the best performance in neutralizing AMD at the optimal pH of 6.78. The differences in pH for
each size range were recorded at minimal values due to the minute difference between the size ranges
used. Consequently, it is recommended for future studies to use varying particle sizes with significant
size differences. In addition to expanding the difference in particle size, methods that can employ
mechanical mixing during the treatment can be developed to improve the neutralizing capability of
concrete aggregates.

Author Contributions: Conceptualization, A.H.O. and A.B.B.; methodology, A.H.O. and C.O.A.T.; validation,
C.O.A.T., A.H.O. and R.D.A.; writing—original draft preparation, G.B.S. and B.T.M.; writing—review and editing,
C.O.A.T. and A.H.O.; visualization, G.B.S. and B.T.M.; supervision, A.H.O.; project administration, A.H.O.;
and funding acquisition, A.H.O. All authors have read and agreed to the published version of the manuscript.

Funding: This research was funded by the Department of Science and Technology—Philippine Council for
Industry, Energy, and Emerging Technology Research and Development (DOST-PCIEERD), Project No. 04660.

Acknowledgments: The researchers would like to acknowledge Agata Mining Ventures Inc. (AMVI, Agusan Del
Norte, Philippines) for their support in the procurement of materials used in this research, and Hirofumi Hinode
of Tokyo Institute of Technology for his assistance in the XRF and XRD analysis of the low-grade nickel ore and
limestone samples.

Conflicts of Interest: The authors declare no conflict of interest.

References

1. Igarashi, T.; Herrera, P.; Uchiyama, H.; Miyamae, H.; Iyatomi, N.; Hashimoto, K.; Tabelin, C. The two-step
neutralization ferrite-formation process for sustainable acid mine drainage treatment: Removal of copper,
zinc and arsenic, and the influence of coexisting ions on ferritization. Sci. Total Environ. 2020, 715, 136877.
[CrossRef] [PubMed]

2. Skousen, J.; Ziemkiewicz, P.; Mcdonald, L. Acid mine drainage formation, control and treatment:
Approaches and strategies. Extr. Ind. Soc. 2019, 6, 241–249. [CrossRef]

3. Tabelin, C.; Igarashi, T.; Villacorte-Tabelin, M.; Park, I.; Opiso, E.; Ito, M.; Hiroyoshi, N. Arsenic, selenium,
boron, lead, cadmium, copper, and zinc in naturally contaminated rocks: A review of their sources, modes of
enrichment, mechanisms of release, and mitigation strategies. Sci. Total Environ. 2018, 645, 1522–1553.
[CrossRef] [PubMed]

4. Simate, G.S.; Ndlovu, S. Acid mine drainage: Challenges and opportunities. J. Environ. Chem. Eng. 2014, 2,
1785–1803. [CrossRef]

166



Minerals 2020, 10, 845

5. Berk, B.; Pemmasani, N.; Phagura, S. Acid Mine Drainage Treatment Public Policy Report.
2015. Available online: https://www.cmu.edu/epp/people/faculty/course-reports/NTCReport2015-
AcidMineDrainage.pdf (accessed on 7 September 2020).

6. Park, I.; Tabelin, C.; Jeon, S.; Li, X.; Seno, K.; Ito, M.; Hiroyoshi, N. A review of recent strategies for acid mine
drainage prevention and mine tailings recycling. Chemosphere 2019, 219, 588–606. [CrossRef]

7. Quintans, J. Mining industry in the Philippines. The Manila Times. 2017. Available online:
https://www.manilatimes.net/2017/09/04/supplements/mining-industry-philippines/348610/#:~{}:
text=THE%20Philippines%20is%20the%20fifth,mineral%20wealth%2C%20as%20of%202012 (accessed on
7 September 2020).

8. Mines & Geosciences Bureau. Mining Industry Statistics. 2020. Available online: https://mgb.gov.ph/images/
Mineral_Statistics/MIS_Q12020_May292020.pdf (accessed on 7 September 2020).

9. Kefeni, K.; Msagati, T.; Mamba, B. Acid mine drainage: Prevention, treatment options, and resource recovery:
A review. J. Clean. Prod. 2017. [CrossRef]

10. Huyen, D.; Tabelin, C.; Thuan, H.; Dang, D.; Truong, P.; Vonghuthone, B.; Kobayashi, M.; Igarashi, T.
The solid-phase partitioning of arsenic in unconsolidated sediments of the Mekong Delta, Vietnam and its
modes of release under various conditions. Chemosphere 2019, 233, 512–523. [CrossRef]

11. Akcil, A.; Koldas, S. Acid mine drainage (AMD): Causes, treatment and case studies. J. Clean. Prod. 2006, 14,
1139–1145. [CrossRef]

12. Li, X.; Gao, M.; Hiroyoshi, N.; Tabelin, C.; Taketsugu, T.; Ito, M. Suppression of pyrite oxidation by
ferric-catecholate complexes: An electrochemical study. Miner. Eng. 2019, 138, 226–237. [CrossRef]

13. Pierre Louis, A.; Yu, H.; Shumlas, S.; Van Aken, B.; Schoonen, M.; Strongin, D. Effect of Phospholipid on
Pyrite Oxidation and Microbial Communities under Simulated Acid Mine Drainage (AMD) Conditions.
Environ. Sci. Technol. 2015, 49, 7701–7708. [CrossRef]

14. Holmes, P.; Crundwell, F. The kinetics of the oxidation of pyrite by ferric ions and dissolved oxygen:
An electrochemical study. Geochim. Cosmochim. Acta 2000, 64, 263–274. [CrossRef]

15. Chen, M.; Lu, G.; Guo, C.; Yang, C.; Wu, J.; Huang, W.; Yee, N.; Dang, Z. Sulfate migration in a river affected
by acid mine drainage from the Dabaoshan mining area, South China. Chemosphere 2015, 119, 734–743.
[CrossRef] [PubMed]

16. Skousen, J.G.; Sexstone, A.; Ziemkiewicz, P. Acid mine drainage control and treatment. Reclam. Drastically

Disturb. Lands 2000. [CrossRef]
17. Waters, J.C.; Santomartino, S. Acid rock drainage treatment technologies: Identifying appropriate solutions.

In Proceedings of the 6th International Conference on Acid Rock Drainage, Cairns, QLD, Australia,
14–17 July 2003.

18. Skousen, J.; Ziemkiewicz, P. Performance of 116 passive treatment systems for acid mine drainage.
In Proceedings of the 2005 National Meeting of the American Society of Mining and Reclamation, Breckenridge,
CO, USA, 19–23 June 2005. [CrossRef]

19. Morallo, A. DENR to Close 21 Mining Firms. The Philippine Star. 2017. Available online: https://www.philstar.
com/business/2017/02/02/1668370/denr-close-21-mining-firms (accessed on 31 May 2020).

20. Masindi, V.; Akinwekomi, V. Comparison of mine water neutralisation efficiencies of different alkaline
generating agents. J. Environ. Chem. Eng. 2017, 5, 3903–3913. [CrossRef]

21. Potgieter-Vermaak, S.S.; Potgieter, J.H. Comparison of limestone, dolomite and fly ash as pre-treatment
agents for acid mine drainage. Miner. Eng. 2005, 19, 454–462. [CrossRef]

22. Ziemkiewicz, P.F.; Skousen, J.G.; Lovett, R. Open limestone channels for treating acid mine drainage: A new
look at an old idea. Green Lands 1994, 24, 36–41.

23. Cravotta, C.A., III; Trahan, M.K. Limestone drains to increase pH and remove dissolved metals from acidic
mine drainage. Appl. Geochem. 1999, 14, 581–606. [CrossRef]

24. Arnold, D.E. Diversion wells—A low-cost approach to treatment of acid mine drainage. In Proceedings of the
Twelfth West Virginia Surface Mine Drainage Task Force Symposium, Morgantown, WV, USA, 3–4 April 1991.

25. Hedin, R.; Narin, R.; Kleinmann, R. The Passive Treatment of Coal Mine Drainage; Bureau of Mines IC 9389;
U.S. Department of the Interior: Washington, DC, USA, 1994.

26. Muliwa, A.; Leswifi, T. Performance evaluation of eggshell waste material for remediation of acid mine
drainage drom coal dump leachate. Miner. Eng. 2018, 122, 241–250. [CrossRef]

167



Minerals 2020, 10, 845

27. Heviánková, S.; Bestová, I. The application of wood ash as a reagent in acid mine drainage treatment.
Miner. Eng. 2014, 56, 109–111. [CrossRef]

28. Ouakibi, O.; Hakkou, R. Phosphate carbonated wastes used as drains for acidic mine drainage passive
treatment. Procedia Eng. 2014, 83, 407–414. [CrossRef]

29. Kamal, N.M.; Sulaiman, S.K. Bench-Scale study of acid mine drainage treatment using local neutralisation
agents. Malays. J. Fundam. Appl. Sci. 2014, 10, 150–153. [CrossRef]

30. Cowan, C.E.; Zachara, J.M.; Resch, C.T. Cadmium adsorption on iron oxides in the presence of alkaline-earth
elements. Environ. Sci. Technol. 1991, 25, 437–446. [CrossRef]

31. The Editors of Encyclopaedia Britannica. 2017. Carbonate Mineral. Available online: https://www.britannica.
com/science/carbonate-mineral (accessed on 23 June 2020).

32. Bernier, L.R. The potential use of serpentinite in the passive treatment of acid mine drainage:
Batch experiments. Environ. Geol. 2005, 47, 670–684. [CrossRef]

33. Turingan, C.; Singson, G.; Melchor, B.; Alorro, R.; Beltran, A.; Orbecido, A. A comparison of acid mine
drainage (AMD) neutralization potential of low grade nickel laterite and other alkaline-generating materials.
J. Mater. Sci. Chem. Eng. 2020. [CrossRef]

34. Benjamin, M.M.; Leckie, J.O. Multiple-Site adsorption of Cd, Cu, Zn, and Pb on amorphous iron oxyhydroxide.
J. Colloid Interface Sci. 1981, 79, 209–221. [CrossRef]

35. Balistrieri, L.S.; Chao, T. Adsorption of selenium by amorphous iron oxyhydroxide and manganese dioxide.
Geochim. Cosmochim. Acta 1990, 54, 739–751. [CrossRef]

36. Zachara, J.M.; Girvin, D.C.; Schmidt, R.L.; Resch, C.T. Chromate adsorption on amorphous iron oxyhydroxide
in the presence of major groundwater ions. Environm. Sci. Technol. 1987, 21, 589–594. [CrossRef]

37. Holcim, G.T.Z. Reuse and Recycling of Construction and Demolition Waste. 2007. Available online:
https://pdfs.semanticscholar.org/5963/263e9892bc081f55928f45fe9ff09eaa51bb.pdf (accessed on 4 September
2020).

38. Kalaw, M.; Culaba, A.; Hinode, H.; Kurniawan, W.; Gallardo, S.; Promentilla, M. Optimizing and
Characterizing Geopolymers from Ternary Blend of Philippine Coal Fly Ash, Coal Bottom Ash and
Rice Hull Ash. Materials 2016, 9, 580. [CrossRef]

39. Parkhurst, D.L.; Appelo, C.A.J. Description and Input and Examples for PHREEQC Version 3—A Computer
Program for Speciation, Batch-Reaction, One-Dimensional Transport, and Inverse Geochemical Calculations.
In USGS Techniques and Methods 6-A43; USGS: Denver, CO, USA, 2013.

40. Jones, S.; Cetin, B. Evaluation of waste materials for acid mine drainage remediation. Fuel 2017, 188, 294–309.
[CrossRef]

41. Parisatto, M.; Dalconi, M.; Valentini, L.; Artioli, G.; Rack, A.; Tucoulou, R.; Cruciani, G.; Ferrari, G.
Examining microstructural evolution of Portland cements by in-situ synchrotron micro-tomography.
J. Mater. Sci. 2014, 50, 1805–1817. [CrossRef]

42. Habeeb, G.; Mahmud, H. Study on Properties of Rice Husk Ash and Its Use as Cement Replacement Material.
Mater. Res. 2010, 13. [CrossRef]

43. Henmi, T.; Wells, N. Poorly-Ordered iron-rich precipitates from springs and streams on andesitic volcanoes.
Geochim. Cosmochim. Acta 1980, 44, 365–372. [CrossRef]

44. Jambor, J.L.; Dutrizac, J.E. Occurrence and constitution of natural and synthetic ferrihydrite, a widespread
iron oxyhydroxide. Chem. Rev. 1998, 98, 2549–2586. [CrossRef] [PubMed]

45. Koeppenkastrop, D.; De Carlo, E.H. Sorption of rare-earth elements from seawater onto synthetic mineral
particles: An experimental approach. Chem. Geol. 1992, 95, 251–263. [CrossRef]

46. Soler, J.M.; Boi, M. The passivation of calcite by acid mine water: Column experiments with ferric sulfate
and ferric chloride solutions at pH 2. Appl. Geochem. 2008, 23, 3579–3588. [CrossRef]

47. Offeddu, F.; Cama, J. Processes affecting the efficiency of limestone in passive treatments for AMD: Column
experiments. J. Environ. Chem. Eng. 2015, 3, 304–316. [CrossRef]

48. Ya, Z.; Zhou, L. High efficiency of heavy metal removal in mine water by limestone. Chin. J. Geochem. 2009,
28, 293–298. [CrossRef]

49. The Editors of Encyclopaedia Britannica. Hydroxide. Britannica. 2017. Available online: https://www.
britannica.com/science/hydroxide (accessed on 31 May 2020).

50. Liu, H.; Chen, T. An overview of the role of goethite surfaces in the environment. Chemosphere 2014, 103,
1–11. [CrossRef]

168



Minerals 2020, 10, 845

51. Rietra, R.P.; Hiemstra, T. Sulfate adsorption on goethite. J. Colloid Interface Sci. 1999, 218, 511–521. [CrossRef]
52. Cornell, R.M.; Schwertmann, U. The Iron Oxides: Structure, Properties, Reactions, Occurrence and Uses;

VCH: Weinheim, Germany, 2003; Volume 2, p. 15.
53. Ma, M.; Gao, H.; Sun, Y.; Huang, M. The adsorption and desorption of Ni(II) on Al substituted goethite.

J. Mol. Liq. 2015, 201, 30–35. [CrossRef]
54. Silva, R.; Cadorin, L.; Rubio, J. Sulphate ions removal from an aqueous solution: I. Co-precipitation with

hydrolysed aluminum-bearing salts. Miner. Eng. 2010, 23, 1220–1226. [CrossRef]
55. Skousen, J.; Politan, K. Acid mine drainage treatment systems: Chemicals and costs. Green Lands 1990, 20,

31–37.
56. Miller, A.; Figueroa, L.; Wildeman, T. Zinc and nickel removal in simulated limestone treatment of mining

influenced water. Appl. Geochem. 2011, 26, 125–132. [CrossRef]
57. Vadapalli, V.; Klink, M.; Etchebers, O.; Petrik, L.; Gitari, W.; White, R.; Key, D.; Iwuoha, E. Neutralization of

Acid Mine Drainage using Fly Ash and Strength Development of the Resulting Solid Residues. South Afr.

J. Sci. 2008, 104, 317–322.
58. Golab, A.; Peterson, M.; Indraratna, B. Selection of potential reactive materials for a permeable reactive

barrier for remediating acidic groundwater in acid sulphate soil terrains. Fac. Eng. Pap. 2006, 39. [CrossRef]

© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

169





minerals

Article

Effectiveness of Fly Ash and Red Mud as Strategies
for Sustainable Acid Mine Drainage Management
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Abstract: Acid mine drainage (AMD), red mud (RM) and coal fly ash (CFA) are potential high
environmental pollution problems due to their acidity, toxic metals and sulphate contents. Treatment
of acidic mine water requires the generation of enough alkalinity to neutralize the excess acidity.
Therefore, red mud types from Germany and Greece were chosen for the neutralization of AMD from
South Africa, where this problem is notorious. Because of the high alkalinity, German red mud is
the most promising precipitation agent achieving the highest pH-values. CFA is less efficient for a
neutralization and precipitation process. An increase in temperature increases the adsorption kinetics.
The maximum pH-value of 6.0 can be reached by the addition of 100 g German red mud at 20 ◦C
to AMD-water with an initial pH value of 1.9. German red mud removes 99% of the aluminium as
aluminium hydroxide at pH 5.0. The rare earth elements (yttrium and cerium) are adsorbed by Greek
red mud with an efficiency of 50% and 80% at 60 ◦C in 5 min, respectively.

Keywords: acid mine drainage; secondary materials; management; absorption; precipitation

1. Introduction

AMD is a term for wastewaters from mining processes. AMD contains a high concentration
of dissolved metals from ores in a sulphate solution [1,2]. While mining, the mass of the rocks is
fragmented. This leads to an increase of the surface area contacting the atmosphere which results
in higher acid production rate [3]. As mentioned by Tabelin et al. [4] the contaminated excavation
debris/spoils/mucks, loosely referred to as “naturally contaminated rocks”, contain various hazardous
and toxic inorganic elements like arsenic (As), selenium (Se), boron (B), and heavy metals like lead
(Pb), cadmium (Cd), copper (Cu), and zinc (Zn). If left untreated, these naturally contaminated rocks
could pose very serious problems not only to the surrounding ecosystem but also to people living
around the construction and disposal sites.

Park et al. [5] mentioned that remediation options like neutralization, adsorption, ion exchange,
membrane technology, biological mediation, and electrochemical approach have been developed to
reduce the negative environmental impacts of AMD on ecological systems and human health. However,
these techniques require a continuous supply of chemicals and energy, expensive maintenance and
labor cost, and long-term monitoring of affected ecosystems until AMD generation stops.

As mentioned by Igarashi et al. [6], AMD containing Zn, Cu and As was treated by using a
laboratory-type continuous ferrite process flow setup. Cu and As were removed in the first sludge,

171



Minerals 2020, 10, 707

which are stable in standard leaching tests. Magnetic magnesioferrites and magnetite were generated
when dissolved silicon (Si) was low. However, in the study by Igarashi et al., information about the
recovery of critical metals such as rare earth elements is missing.

AMD also originates from sulphide conglomerates stored on deposits where the rain rinses the
acid and metals such as uranium (U) out of the dumps [3]. Finally, the acid infiltrates the groundwater
and the environment such as rivers in the affected region around the deposits which contaminates the
aquatic life and the soil in the surroundings [7]. Additionally, South Africa is a water-poor country with
an average rainfall of under 450 mm per year [7]. Acid mine drainage containing around 3500 mg/L [3]
of sulphate has a pH value between 2 and 3 which increases the solubility of certain metals such as
heavy metals. Along the river pathways, the iron (Fe) in a sulphide form oxidizes and precipitates,
leading to a bright orange trail. The formation of AMD is the result of oxidation of pyrite, FeS2,
with oxygen and ferric iron, Fe3+, as shown in Equations (1)–(3) [8]. Consequently, sulphuric acid
is formed during this reaction. At this pH, bacteria like Thiobacillus ferrooxidans can survive [7] and
accelerate the geochemical reactions.

FeS2(s) +
7
2

O2(aq) + H2O→ Fe2+ + 2SO4
2− + 2H+ (1)

Fe2+ +
1
4

O2(aq) + H+ → Fe3+ +
1
2

H2O (2)

Fe3+ + 3H2O→ Fe3+ + 3OH− + 3H+ → Fe(OH)3(s) + 3H+ (3)

AMD can be classified by the content of acid and dissolved metals with Ficklin diagram [9].
At the surface, the AMD stream is diluted by rain or surface water which leads to an increase of the
pH values with white precipitation products in the AMD stream. The precipitation products contain
mainly crystalline and amorphous aluminium phases [10] which adsorb other metals. Heavy metals
are generally removed by iron precipitation. Aluminum precipitation only becomes important when
iron content is low, but this is rarely the case.

In South Africa, coal is extracted by underground mining or open-pit mining with little surface
dumping [3]. FeS2 is contained in the host rock but is more abundant in the coal layers. When mining
terminates, the mine will be closed by collapsing the upper layers. Water fills in the voids of the
fractured rocks and reacts with the FeS2 [3]. Rain penetrates through the soil and becomes acidic and
influences the natural groundwater. In the dams around coal mines in Middelburg and Witbank in
South Africa, the salinity and sulphate concentration amount to about 200 mg/L [3], which is the limit
for domestic use.

Regarding the problem of growing deposits, the branch of research on wastewater treatment
is of high importance. The primary aim of wastewater treatment is to recover valuable metals and
neutralize the acidic solution [11]. An advantage is the higher content of valuable metals in the
wastewater compared to the ores used in primary production.

There are further possibilities for water purification like the SAVMIN™process. This is the simplest
technology for reducing high sulphate concentrations is lime precipitation developed by MINTEK
in South Africa [9]. Precipitation of metal hydroxides and sulphides was performed using sodium
hydroxide, calcium carbonate and hydrogen sulphide. Regarding the costs, calcium carbonate is most
suitable for the neutralization experiments. Because the neutralization is exothermic, room temperature
was chosen for the removal of metals from waste solution. Pre-oxidation with hydrogen peroxide
transforms the bivalent Fe to the trivalent Fe which precipitates at lower pH values [12] than the
bivalent Fe. Analogously, As is oxidised from the trivalent state to the pentavalent state to enable hardly
dissolving oxides [13,14]. Removal of As(III) and As(V) can occur during neutralization simultaneously.
Additionally, because of the high reactivity of sulphides with heavy metal ions, they can be applied to
achieve a larger decrease in metal concentration after neutralization with hydroxides [13]. Trivalent
Fe cannot be removed by sulphides precipitation since they do not form stable sulphides under
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wastewater conditions [13]. Instead, the trivalent will be reduced to the bivalent state which forms
iron(II) sulphide (FeS) [14]. Another possibility for selective removal of metals is cementation with
nanoscaled zerovalent powders which have a large reaction surface area [15]. Cementation at room
temperature and reductive precipitation took a short time in contrast to adsorption. There is a tendency
that metals are adsorbed in this sequence: Fe(II)/Fe(III) > Cu(II) > Mn(II) > Zn(II) [16] following
the Langmuir model which states that all surfaces of a given solid have the same affinity to adsorb
metals [17]. Addition of brine can decrease the kinetics of neutralization, so there is a long-term
effect which avoids a too-high pH value [18]. Precipitation of dissolved metals is achieved by the
introduction of chemical additives such as sodium carbonate and oxalic acid to mostly affect changes
in pH and/or ligand concentration at room temperature.

High standards are applied for drinking water which is chosen as a better reference in
comparison to the purified water. Pure water is clear, colour- and tasteless and low in microbiological
contamination [14]. Some metals, like Fe3+, change the colour of water. Fe3+ turns the water into a
reddish-brown colour [19]. The optimum pH for drinking water ranges between 6.5–8.5 [19]. The taste
threshold for salts depends on the cation (sodium, potassium) and the anion (chloride, sulphate)
concentrations. For sodium chloride, the taste threshold concentration is 200–300 mg/L [19]. Turbidity
indicates any kind of contamination which can be caused by inorganic and organic matter in the
form of suspended particles [19]. Microorganisms are attached to particles [14]; therefore, filtration of
particles can reduce their population in treated water. Turbidity of AMD can also be a sign of natural
precipitation of iron. In Germany, the most important laws for wastewater treatment are:

• Water Resources Act (WHG, Wasserhaushaltsgesetz) [1]
• Wastewater Ordinance (AbwV, Abwasserverordnung) [20]
• Drinking Water Ordinance (TrinkwV, Trinkwasserverordnung) [21]

The European and German standards are based on the recommendations of the World Health
Organization (WHO) [14], which has set up health-based guidelines for chemicals in drinking water [19].
The effects of contaminants on taste, odour and appearance are cited by the WHO, while the most
important effects such as toxicity are not mentioned [19]. Mostly, because the concentration in treated
water is too low, it is not possible to determine guideline values for some metals such as silver (Ag) and
gold (Au). In the case of aluminium, the guideline value is nine-fold higher than the value achievable
by current technology [19]. The TrinkwV restricts the concentration of aluminium since there could
be a correlation between aluminium consumption and Alzheimer’s diseases [14]. The pH value of
drinking water is between 6.5 and 9.5. Water with carbonic acid (H2CO3) can have a lower pH value
than 6.5 [21].

Purification of wastewaters is a high-complex process. The process line depends on the origin of
the wastewater and therefore the contaminations as well as the subsequent use of the purified water.
For use as drinking water, the water needs to fulfil special regulations, for example, the TrinkwV [21].
The purification process contains several steps such as mechanical separation of solids and suspended
particles (e.g., flotation, sedimentation, filtering) [14,22]; oxidation of dissolved metals to solids [14];
ion exchange processes to neutralize the water from salts and metals [23]; disinfection of water by
oxidation media (ClO2, O3, hyper chlorites) or UV-light [24] and biological treatment (aerobic processes
and anaerobic processes) [11].

The by-products used in this paper for treating AMD are red mud and CFA. Red mud comes from
the Bayer process [25,26], whereas coal fly ash is the inorganic residue from coal combustion. In red
mud, there are mainly hematite, other crystalline aluminium silicate phases, silica, titanium oxide,
rare earth oxides and un-leached residual alumina [27]. Coal fly ash contains approximately 50% of
crystalline phases, mostly quartz and mullite [28].

The neutralization process enables the transformation of several waste streams into valuable
products regarding the zero waste guidelines in technology. There are several water treatment
methods based on red mud and CFA [29] like acid and base treated powder [30–33] or zeolites as
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special aluminium silicates [34,35], but not all of them have yet been tested in acid mine drainage.
Transforming CFA to zeolites can increase the adsorption of dissolved metals [36].

Our main aim is to perform a neutralization of AMD using secondary materials such as red mud
and CFA and to discuss the possibility of the recovery of valuable metals such as Al, Zn, Mn and rare
earth elements. The neutralization of AMD in this study is a preparation of wastewater for return
into downstream processing or releasing to the environment. Acidic water can damage the plants by
corroding or damaging the environment. Another aim of neutralization with alkaline material is the
preparation of solid waste materials for further metal winning processes. The final aim of this study is
to develop a process for water purification which fulfils the following criteria: economical, good water
quality after clarification, resources of materials used for neutralization are as regionally available
(<500 km) as possible and waste products are environmentally friendly.

2. Materials and Experimental Procedure

2.1. Characterisation of the Studied Materials

The AMD sample was collected from Mpumalanga, South Africa. All sampling and laboratory
analysis is performed in accordance with recognized global standards such as the International
Standards organization (ISO). After sampling and laboratory analysis in South Africa, all samples
were sent to Germany. The AMD water was characterized by using ICP-OES analysis (SPECTRO
ARCOS, SPECTRO Analytical Instruments GmbH, Kleve, Germany) and the solid samples by X-ray
fluorescence, (Axios FAST, Malvern Panalytical GmbH, Kassel, Germany). The AMD was first filtrated
in order to remove the formed precipitate, but AMD was not acidified. The solid samples were
ground up before the X-ray diffraction analysis (XRD) analysis. Additionally, characterization of the
red mud and fly ash to the X-ray powder diffraction XRD (Bruker AXS, Karlsruhe, Germany) was
operated. Bauxite residue, employed during AMD-treatment as the main raw material, was provided
by Aluminum of Greece plant, Metallurgy Business Unit, Mytilineos S.A. (AoG). The sample was first
homogenized by using laboratory sampling procedures (riffling method) and then a representative
sample was dried in a static furnace at 105 ◦C for 24 h. Subsequently, the material was milled using a
vibratory disc mill and the sample was fully characterized.

Chemical analyses of major and minor elements were executed via the fusion method (1000 ◦C for
1 h with a mixture of Li2B4O7/KNO3 followed by direct dissolution in 10% HNO3 solution) through a
Perkin Elmer 2100 Atomic Absorption Spectrometer (AAS) (Waltham, MA, USA), a Spector Xepos
Energy Dispersive X-ray Fluorescence Spectroscope (ED-XRF) (SPECTRO, Kleve, Germany), a Thermo
Fisher Scientific X-series 2 Inductively Coupled Plasma Mass Spectrometer (ICP-MS) (Waltham, MA,
USA) and a Perkin Elmer Optima 8000 Inductively Coupled Plasma Optical Emission Spectrometer
(ICP-OES) (Waltham, MA, USA), whereas the loss of ignition (LOI) of the sample was provided by
differential thermal analysis (DTA), using a SETARAM TG Labys-DS-C (Caluire, France) system in the
temperature range of 25–1000 ◦C with a 10 ◦C/min-heating rate, in air atmosphere.

Mineralogical phases were detected by XRD using a Bruker D8 Focus powder diffractometer with
nickel-filtered CuKα radiation (λ = 1.5405 Å) coupled with XDB Powder Diffraction Phase Analytical
System version 3.107 which evaluated the quantification of mineral phases via profile fitting specifically
for bauxite ore and bauxite residues.

2.1.1. Acid Mine Drainage from South Africa

The pH of the AMD wastewater ranges around 2.0. The ICP-OES analysis given in Table 1 shows
the composition from the wastewater which has a dark red–yellow colour as shown in Figure 1 and
their limits in the TrinkwV. According to the Ficklin diagram from [9], the AMD sample is defined as
highly acidic and as having a high metal content inn the water. The total concentration of the relevant
metals (mg/L), amounted to 18.903 mg. The single concentration of elements in AMD (mg/L) amounted
to 14.2 Zn, 2.09 Ni, 1.94 Co, 0.65 Cu, 0.02 Cd, and 0.003 Pb. Comparison of the metal concentration
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with the TrinkwV shows that the critical metals were cadmium, chromium and nickel, iron manganese
and the sulphate. The pH of 2.0 was too low (interval is 6.5–9.5).

Table 1. Metal containing wastewater (three significant figures).

Substance Fe2+/3+ Ca2+ Mg2+ Al3+ Mn

Concentration [mg/L] 2970 503 435 370 82

Limit (TrinkwV) [mg/L] 0.2 - - 0.2 0.05

Substance Na2+ Si4+ Zn3+ Ce3+ Ni2+

Concentration in [mg/L] 52.4 44.6 14.3 5.51 2.09

Limit (TrinkwV) [mg/L] - - - - 0.02

Substance Y3+ Co2+ Nd3+ La3+ Cu2+

Concentration in [mg/L] 2.05 1.94 1.31 0.85 0.65

Limit (TrinkwV) [mg/L] - - - - 2

Substance Cr3+ Sc3+ Cd2+ Pb2+ SO4
2−

Concentration in [mg/L] 0.15 0.11 0.02 0.003 10,200

Limit (TrinkwV) [mg/L] 0.05 - 0.003 0.01 250

 

−

Figure 1. Mine drainage water from South Africa.

2.1.2. Red Mud from Germany and Greece

For the neutralisation experiments, wto sorts of red mud were used. In Figure 2, the red mud
shown on the left originates from Germany (Stade, Lower Saxony, Germany), and the right one was
from Greece (Aluminium of Greece, Viotia). The Greek red mud is darker due to its higher content of
iron as shown in Table 2. This table shows that the Greek red mud contains more iron oxide, alumina
and lime than the sample from Germany. In contrast, the German sample contains more sodium oxide,
titanium dioxide and silica. Red mud is very alkaline due to the sodium hydroxide from the Bayer
process (pH < 12). For further experiments, the s/L-rates of 1:10 (100 g/L AMD) and 1:5 (200 g/L AMD)
were chosen.

Table 2. Content of oxides in the red mud samples wt.% or ppm (Sc).

Origin Fe2O3 Al2O3 CaO SiO2 TiO2 Na2O Cr2O3 Sc

Germany 35.3 15.7 6.7 14.0 11.4 8.9 0.2 86

Greek 44.0 23.0 10.2 5.5 5.6 1.8 0.3 122
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−

 

Figure 2. Red mud samples, (left) from Germany, (right) from Greece.

The XRD analysis of Greek Red Mud is presented in Table 3.

Table 3. X-ray diffraction analysis (XRD) analysis of Greek red mud (d = 1.87 µm).

Mineralogical Phase (wt.%)

Cancrinite [Na6Ca1.5Al6Si6O24(CO3)1.6]: 15.0

Perovskite [CaTiO3] 4.5

Hematite [Fe2O3]: 30.0

Boehmite [AlO(OH)]: 3.0

Goethite [FeO(OH)]: 9.0

Anatase [TiO2]: 0.5

Andradite [Ca–Fe–Al–Si oxides]: 17.0

Quartz [SiO2]: 2.0

Rutile [TiO2]: 0.5

Calcite [CaCO3]: 4.0

Chamosite [(Fe2+,Mg)5Al(AlSi3O10)(OH)8]: 4.0

Diaspore [AlO(OH)]: 9.0

Gibbsite [Al(OH)3]: 2.0

Total 98.5

The XRF analysis of the rare earth elements in Greek red mud is shown in Table 4.

Table 4. Composition of rare earth elements in Greek red mud.

Elements Y La Ce Pr Nd Sm Eu Gd

(g/t) 76 114 368 28 99 21 5 22

Elements Dy Ho Er Tm Yb Lu Y Tb

(g/t) 17 4 13 2 14 2 80 3

Mineralogical analysis of the German red mud was explained by Kaussen and Friedrich [37].
The missing 1.5% accounts for unaccounted, unknown or amorphous content. There is no sufficient
reference data (known crystallographic measurements) to characterize 100% of bauxite residue
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mineralogical composition. In the current XDB full profile fitting mineral phase quantification it
was not possible to quantify amorphous content. Amorphous content can be determined in phase
quantification when a known quantity of an internal standard such as corundum is added to the sample.

2.1.3. Coal Fly Ash from South Africa

The coal fly ash used in this study was obtained from an Eskom thermal power station,
Mpumalanga, South Africa. The XRD analyses of fly ashes have been measured with a Bruker
D4 powder diffractometer in Bragg–Brentano geometry. The qualitative evaluation was done with the
program EVA and the PDF 2 file from ICSD. The quantitative determination was carried out using a
Rietveldt refinement with the program TOPAS from Bruker. The analyses were carried out on powders
<60 µm which were prepared as backloading compacts. SEM-analysis was performed using GEMINI
SEM 300, Car Zeiss Microscopy GmbH; Oberkochen, Germany.

As shown in Table 5, the main components of fly ashes are silica, alumina, lime and hematite
with a sum of 96.1 wt.%, and Y2O3 in small amounts (0.013). X-ray diffraction shows that 49% of the
phases are amorphous phases, and the proportion of crystalline phase is (in %): 0.3 CaO, 0.7 Fe2O3,
38 Al4SiO8, 12 SiO2, and 0.1 TiO2. Most of the other oxides are present in traces. The coal fly ash in
Figure 3 has a light grey colour (left) and spherical submicron particles (right).

Table 5. X-ray fluorescence (XRF) analysis of the content of compounds in the coal fly ash (wt.%).

SiO2 Al2O3 CaO Fe2O3 TiO2 MgO Na2O

56.2 32.1 4.4 3.4 1.68 1.1 0.352

Cr2O3 MnO NiO PbO CuO Y2O3 ZnO

0.057 0.031 0.019 0.017 0.015 0.013 0.010

 









Figure 3. Fly ash powder (left) and SEM analysis (right).

2.2. Parameters for Neutralization

For neutralization, there are four important parameters:

• Experimental time (min): 5, 10, 20, 40, 60, 120.
• Precipitation media: coal fly ash (CFA), German red mud (GerRM), Greek red mud (GrRM)
• solid/liquid (s/L)-Ratio: 1:10, 1:5, 1:2
• Temperature (◦C): 20 (room temperature), and 60 (after Heating)

The experiments, see Table 6, were designed for each media separately because coal fly ash is
less alkaline, but contains yttrium (0.01%), and it is very stable for leaching. Every experiment was
conducted twice to reproduce the results.
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Table 6. Design of the experiment.

Factor Low High

s/L-rate 1:10 (RM), 1:5 (CFA) 1:5 (RM), 1:2 (CFA)

Temperature Room temperature, 20 ◦C 60 ◦C

2.3. Setup and Test Performance

The aim of the following experiments is to prove the necessity of by-products to neutralize 500 mL
of metallic wastewater. The quantity of the substances is:

• 500 mL or 1 L of defiled wastewater
• up to 200 g red mud and 250 g fly ash

The acid mine drainage was heated up to between 20 ◦C and 60 ◦C and agitated for 120 min
up to 350 rpm. After precipitation, 6 samples with approximately 10 mL (from 500 mL samples)
or 50 mL (from 1 L samples) were taken out of the suspension. The filtered 10 mL samples were
diluted with deionised water, from a 5 mL solution samples to 50 mL, without new dilution. The solid
residues were analysed after precipitation in order to determine the metal content and the absorption
kinetics regarding the consumed red mud and fly ash. The precipitation and absorption fraction were
calculated using Equations (4) and (5), respectively.

3. Results and Discussion

With respect to iron ions as the greatest fraction in the AMD wastewater, white and yellow flakes
can be found in the samples after 5 and 10 min. In the samples with the red muds, there are white
flakes, as seen Figure 4. In the samples with coal fly ash there is a yellow suspension due to a lower
pH than 3 as seen in Figure 5. Yellow-orange powders are left after a second filtration of the solution.
These yellow–orange flakes indicate that iron has precipitated as iron(III) hydroxide from the solution.
In the red mud samples, the iron hydroxide is already removed from the red mud. The reformation of
Fe(OH)3 in the filtrate of coal fly ash indicates that the formation of Fe(OH)3 at constant pH has a long
term kinetic of several minutes.

–

 

Figure 4. Typical flakes in the 5 min and 10 min samples after treatment with red mud.
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–

 

Figure 5. Suspension in the 5, 10 and 20 min samples after treatment with coal fly ash.

The XRF analysis showed that the yellow powder after treatment with coal fly ash, filtration and
drying mainly contains approximately

• 30.94 ± 0.01% iron
• 11.66 ± 0.01% sulphur
• 4.577 ± 0.010% silicium
• 3.783 ± 0.015% aluminium
• 1.416 ± 0.003% calcium

We supposed that iron and aluminium precipitate as iron(III) and aluminium(III) hydroxide,
respectively. Additionally, some compounds precipitate as sulphates, e.g., CaSO4, because it is slightly
soluble, what is presented in Figure 6. Additionally, the presence of aluminium oxide in the product
was revealed.

Figure 6. XRD analysis of the precipitation product.
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3.1. pH Values as Function of the Time

The initial pH value of the AMD water was 1.973 ± 0.031 (the calculated relative error
∆pH/pH = 15.7%) for all 12 experiments. After the measurement of pH-Value, AMD solution was
added in a glass reactor and heated to 60 ◦C. Red mud and fly ash (50–100 g) were added at 60 ◦C in
the solution of AMD. The pH-Values were measured in time of 120 min. The same procedure was
performed at room temperature and results were compared with ones obtained at 60 ◦C.

The pH was plotted as a function of time as seen in Figure 7. All samples have a strong pH
increase in the first 5 min. The maximum pH of 6 can be reached by 100 g German red mud at 20 ◦C.
The pH values from the Greek red mud tend to be lower than the ones from the German red mud,
the maximum pH being 5.9, which is in the same range as the German red mud. The samples with
coal fly ash indicate that in the first 5 min, the average pH was 2.78 ± 0.14 (∆pH/pH = 5%) and most
of the iron ions were still dissolved in the solution. After 10 min, the average pH was 2.93 ± 0.11
(∆pH/pH = 4%) and there was still some iron(III) dissolved. For full iron(III) removal, the pH needs to
be at least higher than three, which was mentioned by Stiefel [11].

— — —

– 𝑥𝑃𝑥𝑃𝑥𝑃 = 1 − Concentration of metal at time t
Initial concentration of metal in AMD

= 1 − 𝑐𝑡𝑐0.
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Figure 7. pH values in time (GerRM—German red mud; GrRM—Greek red mud; CFA—coal flying ash).

Coal fly ash had pH-values between 8 and 11 depending on the quantity of the added sample,
in comparison to red mud (pH > 12). Especially because of 49% of amorph structure and 38% of
very stable mullite in this structure, as shown at Figure 3, the fly ash has smaller neutralisation
efficiency in comparison to used red mud. The temperature is very important in regards to pH
measurements. As the pH value changes with the change in temperature, the new measured pH value
is technically the true pH value. Under laboratory conditions, a note of the temperature and pH value
should be made together. There is only one major temperature effect in pH measurement that can
cause errors in readings. It is the only reasonably predictable error due to changes in temperature,
and is the only temperature-related factor that a pH meter with temperature compensation can correct.
This temperature error is very close to 0.003 pH/◦. Generally in our experiments, Because of an influence
of the diffusion of the acidic solution, an increase of temperature from room temperature to 60 ◦C
increases the neutralization efficiency of AMD during the addition of fly ash and red mud. It seems
that adding FA and RM can increase pH of AMD at the scale of 120 min. Long-term neutralization
efficiency is required, as confirmed in subsequent work, and in the work of Paradis et al. [38].
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3.2. Comparison of Precipitation Efficiency per Material

Regarding the literature [8], the critical pH for iron(III) precipitation using CFA can be assumed as
approximately 3.0. At this point, 99% of the dissolved iron is precipitated. The maximum concentration
of dissolved iron is 44.2 mg/L. However, it must be considered that the iron concentration in the
solution was higher direct after the filtration since iron(III) hydroxide has precipitated after filtration.
The following six figures (Figures 7–12) show the precipitation efficiency as a function of the pH of
aluminium, manganese and zinc. The symbols represent the time of sampling (5, 10, 20, 40, 60, 120 min).
The precipitation efficiency xP was calculated by Equation (4). Negative values for xP indicate leaching
effects and enrichment in the acid mine drainage.

xP = 1−
Concentration of metal at time t

Initial concentration of metal in AMD
= 1−

ct

c0
(4)

3.2.1. Manganese

In Figure 8, by using the German red mud, manganese had a lower precipitation efficiency at a
higher temperature (60 ◦C) than the sample with more mass at 20 ◦C at the same pH-value. There is a
tendency of reaching a maximum precipitation efficiency of approximately 75% as the sample with
100 g at 20 ◦C, which shows a light equilibrium state. Using a Greek 50 g red mud results in leaching
in acid mine drainage up to 10% at a higher temperature. Greek red mud with higher mass at room
temperature leads to the precipitation of manganese up to 30%. Manganese tends to be leached in both
coal fly ash experiments. In the 100 g sample at 60 ◦C it is leached from 10% to 22%. In the 250 g lower
heated experiment, manganese was leached to 20% in the first 5 min and then precipitated until it was
at a value of 6% of the initial concentration. It follows that manganese may precipitate after pH 4 by
using red mud.
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Figure 8. Participation efficiency of manganese.

3.2.2. Aluminium

Figure 9 shows the precipitation efficiency of aluminium for all precipitation media compared to
the initial concentration of 370 mg/L. German red mud removes 99% of the aluminium as aluminium
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hydroxide at pH 5.0. Higher temperature leads to an earlier precipitation pH and therefore, to higher
efficiency at the same pH compared to the experiment with higher mass at 20 ◦C. As a contrast,
higher mass results in faster pH increase so that the pH is higher after the same time. Experiments
with Greek red mud showed a similar tendency, although the precipitation efficiency of the sample in
heated acid mine drainage was just 14% after 5 min. In all coal fly ash samples, the aluminium was not
precipitated under pH 3.5. In the experiment with heated acid mine drainage, a leaching from coal fly
ash up to 89% at pH 2.8 occurred at first, then re-precipitation. As a conclusion, all samples showed
similar correlation of pH and precipitation efficiency, like an s-curve with a strong increase between
pH 3.0–3.6 in all experiments, see the red circle. Positive precipitation efficiency starts at pH 3.3–3.5
until pH-Value of 5. After the pH of 5.0, precipitation of aluminum is complete.

𝑞𝑡 = (𝑐0 − 𝑐𝑡)𝑀𝑒 ∙ 𝑉AMD𝑚RM/CFA
𝑞𝑡 =𝑐0 𝑐𝑡 𝑐0 𝑐𝑡𝑉AMD𝑚RM/CFA
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Figure 9. Participation efficiency of aluminium.
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Figure 12. Kinetics of manganese adsorption for both types of red muds [mg/g].

3.2.3. Zinc

In German red mud, the zinc is completely precipitated, to under the detection limit. Zinc,
as shown in Figure 10, can reach a minimum precipitation of 45% in both combinations of Greek red
mud. The maximum precipitation efficiency can be at least 65% for the sample at 20 ◦C with 100 g
and 59% for the pre-heated acid mine drainage experiment with 50 g Greek red mud. In coal fly ash,
zinc was precipitated between 20% and 60% in both cases, whereas the non-heated sample had a better
efficiency of 60% after 120 min. There is a linear correlation between pH and precipitation efficiency.
As a conclusion, pre-heated acid mine drainage results in leaching of all metals, which is also expected
of zinc but only for the first 40 min, longer neutralization leads to stronger zinc back-dissociation.
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3.3. Adsorption Kinetics of Adsorbed Metals

The adsorption kinetics can be compared by using the rate of adsorbed material per gram
precipitation media, see Equation (5).

qt =
(c0 − ct)Me·VAMD

mRM/CFA
(5)

with:
qt rate of adsorbed material [mg/g]
c0, ct concentration of the metal ions [mg/L] (c0: initial, ct: after t min)
VAMD volume of the tested AMD water [L]
mRM/CFA mass of the used precipitation media [g]

3.3.1. Aluminium

Figure 11 shows the adsorption kinetics for the aluminium in the acid mine drainage precipitated
by the both types of red muds. The coal fly ash samples were missing due to enrichment in the AMD.
The aluminium in the ash may be a soluble phase. The concentration of aluminium in the solution was
370 mg/L, therefore there were 185 mg dissolved in 500 mL. It can be recognised that the adsorption
potential was higher using red mud at 60 ◦C than at 20 ◦C. This indicates that the aluminium adsorption
is a temperature-activated process and therefore, it is more like chemisorption than physisorption.
The increase to 60 ◦C doubles the adsorption potential per gram red mud from 1.8 mg/g (0.9% of the
total amount of dissolved aluminium in solution) to 3.7 mg/g (2%). The difference between the use
of the German red mud and the Greek red mud was relatively small, Greek red mud was a little bit
better than the German type. In case of the 50 g 60 ◦C sample, the mass of the adsorbed part was
185 mg, which was the maximum, whereas the 100 g 20 ◦C adsorbed only 180 mg. In the case of
aluminium, both combinations achieved equal precipitation efficiency of 100%. After 20 min (average
pH = 4.751 ± 0.495), the precipitation can be assumed as completed.

3.3.2. Manganese

The concentration of manganese was 82 mg/L which means 41 mg in 500 mL acid mine drainage
water. The adsorption kinetics for manganese in Figure 12 show that the German red mud had better
adsorption potential than the Greek one. Because of enrichment, the 50 g sample at 20 ◦C with the
Greek red mud is missing, see Equation (6).

MnO→Mn2+ + O2− (6)

None of the samples have achieved the equilibrium state. The German red mud 100 g and 20 ◦C
sample could have an equilibrium at 0.31 mg/g manganese. One gram can adsorb 0.7% of the dissolved
manganese which is in total 30 mg (73% in total). For the German red mud 50 g at 60 ◦C sample, it can
be assumed that the equilibrium is approximately 0.6 mg/g red mud which means an adsorption grade
of 1.4% and therefore, 30 mg in total (also 73% in total). This means that both combinations can work
equally for manganese, see Table 7. The equilibrium for the 50 g Greek red mud sample at 60 ◦C was
negative due to leaching effects. Therefore, the 120 min adsorption rate cannot be determined exactly.
Under recognition of instrumental errors, the equilibrium can be near zero.
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Table 7. Adsorption kinetics of manganese by red mud with the percentage at assumed equilibrium.

Sample GerRM 50/60 GerRM 100/20 GrRM 50/60 GrRM 100/20

rate in mg/g ~0.6 ~0.31 ~0 ~0.15

% per gram ~1.4 ~0.7 ~0 ~0.4

mass [mg] ~30 ~30 ~0 ~15

% in total ~73 ~73 ~0 ~37

3.3.3. Zinc

Figure 13 shows the sorption kinetic of zinc. The concentration of dissolved zinc was 14.3 mg/L,
therefore, there were 7.15 mg dissolved in acid mine drainage. The equilibrium of zinc for coal fly ash
was between 0.01 and 0.02 mg/g which were at a maximum 0.28% of the total amount of the dissolved
zinc per gram in coal fly ash. The 100 g of coal fly ash could adsorb a maximum 2 mg which is 28% of
the total amount and 250 g maximum 5 mg zinc (nearly 70% of the total zinc). For Greek red mud,
the equilibrium at 20 ◦C was approximately 0.047 mg/g which is a grade of 0.66%. A 100 g portion
of this sample can adsorb 4.7 mg zinc which is 66% of the total zinc in solution. The best sample
with 50 g and 60 ◦C had a short equilibrium 0.067 mg/g for 15 min which was 0.9% adsorption per
gram with total adsorption of 3.35 mg (47%) zinc. After 20 min, an increase of adsorption can be seen.
This indicates that there could be another mechanism of adsorption, like precipitation. After 40 min,
the mixture achieved a pH of 4.1. Regarding the results, the Greek red mud had a better adsorption
potential than the coal fly ash but overall, the 250 g coal fly ash sample at 20 ◦C can be as useful as the
100 g of Greek red mud at 20 ◦C, as shown in Table 8. The precipitation follows Equation (7).

Zn2+ + 2OH− → Zn(OH)2 (7)
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Figure 13. Kinetics of zinc adsorption for Greek red mud and coal fly ash [mg/g].
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Table 8. Kinetics of zinc adsorption for Greek red mud and coal fly ash.

Sample GrRM 50/60 GrRM 100/20 CFA 100/60 CFA 250/20

rate [mg/g] >0.067 0.047 ~0.02 ~0.02

% per gram >0.94 0.66 ~0.28 ~0.28

mass [mg] >3.35 4.7 ~2 ~5

% in total >47 66 ~28 ~70

3.4. Leaching Kinetics

Analogously, the leaching kinetics can be calculated with Equation (8) as well as the adsorption
kinetics in the previous chapter.

qt =
(ct − c0)MeVAMD

mRM/CFA
(8)

Sodium

Due to a high concentration of sodium hydroxide, it is the main component for neutralization of
acid mine drainage. The consumption of sodium from coal fly ash for neutralization of AMD was
not very high, only approximately 0.05 mg/g coal fly ash since the content of sodium in coal fly ash
was just 0.35 wt.% (<1 mg/g), whereas the German red mud contains 8.9 wt.% (66 mg/g) and the
Greek red mud 1.8 wt.% (13 mg/g). Regarding the average leaching kinetics of sodium in Figure A1 in
Appendix A, German red mud at 60 ◦C has the highest leaching ability with 50 mg/g sodium which is
76% of total sodium in the sample as seen in Table 9 and 20 mg/g in the non-heated sample which was
30%. The heated Greek red mud had a similar leaching ability like the non-heated German red mud
with 20 mg/g. The non-heated Greek red mud had a leaching ability of 10 mg/g which was 77% of the
total sodium in the sample. As a conclusion, the non-heated German red mud and the heated Greek
red mud sample have a similar ability to achieve the same neutralization pH per gram.

NaOH→ Na+ + OH− (9)

Table 9. Content of sodium at the beginning and after leaching in the types of red mud.

Sample GerRM 50/60 GerRM 100/20 GrRM 50/60 GrRM 100/20

Sodium in solid [mg/g] 66 66 13 13

Leached sodium [mg/g] 50 20 20 10

Percentage [%] 76 30 (153) 77

3.5. Rare Earth Concentration in the One Litre Experiments

The initial concentration of cerium is 5.51 mg/L and of yttrium was 2.05 mg/L. Figure 14 and
Table 10 shows the concentration of the rare earth elements yttrium and cerium during the experiments.
The detection limit for the rare earths was 1.0 mg/L, which marks the start of the y-axis. The rare earth
elements (yttrium and cerium) were adsorbed by Greek red mud with an efficiency of 50% and 80%
at 60 ◦C in 5 min, respectively. After 5 min, using German red mud can reduce the concentration of
the rare earth to nearly under the detection limit (Ce: 1.12 mg/L, Y: <1 mg/L). Using Greek red mud
reduces cerium to under the detection limit after 60 min, yttrium after 40 min. Using coal fly ash can
result in re-dissolving into acid mine drainage which indicates an equilibrium of the concentration in
the solid and in the acid mine drainage. After 60 min, the concentration of the rare earths does not
change much. There is a steady-state in concentration.
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Table 10. Yttrium and cerium in precipitation experiment [mg/L].

Time [min] 5 10 20 40 60 120

Ce, GerRM 1.12 <1 <1 <1 <1 <1

Y, GerRM <1 <1 <1 <1 <1 <1

Ce, GrRM 2.95 2.80 2.11 1.38 <1 <1

Y, GrRM 1.28 1.27 1.09 < 1 <1 <1

Ce, CFA 2.57 2.13 2.32 2.89 3.01 3.20

Y, CFA 1.64 1.54 1.62 1.71 1.72 1.75

3.6. Sodium Concentration Regarding the Guidelines

The initial concentration of the sodium in acid mine drainage is 52.4 mg/L. The guideline for
sodium in drink water is 200 mg/L [21], see the red line in Figure A2 in Appendix A. The German red
mud leads to a final concentration of 4–5 g/L which is twenty-five times that of the recommended
concentration. The final concentration of the Greek red mud was approximately 2 g/L which is
tenfold of the recommended concentration. Only the coal fly ash sample fit into the guideline, with a
final concentration of approximately 70 mg/g. Therefore, for the red mud samples, it is necessary to
distinguish if the water is used as drink water after treatment.

With respect to the results, there is a possibility of purifying the acid mine drainage by precipitation
with red mud and coal fly ash. Overall iron is removed nearly completely, and aluminium also
precipitates to 99% in most samples. Same samples as Greek red mud and coal fly ash have a potential
for selective removal of metals which can be useful for multistage process designing. In all red mud
samples, the concentration of sodium has increased strongly.

Comparison of the adsorption kinetics shows that in some cases, the combinations of higher
mass or higher temperature could give similar results like those in the experiment with German red
mud and manganese (both 73% of total) or the one with both kinds of red muds and aluminium.
Additionally, for zinc precipitation, the 100 g, 20 ◦C Greek red mud and the 250 g, 20 ◦C coal fly
ash have equal precipitation efficiency. For economical use, higher mass and low temperature are
preferred. Additionally, the red mud and the coal fly ash can replace the soil, which enables outside
application for neutralisation. The neutralised red mud and coal fly ash can be used for further
metal-winning treatment.

The main cause for the increase of pH is the sodium hydroxide. Since the red mud can release up
to 80% of the sodium ions into acid mine drainage, a pH increase up to 6 is possible. A combination of
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higher mass and higher temperature can achieve the neutral water state. The coal fly ash causes pH
increase by dissociation of metal oxides in acids, but the pH increase is not as high as using red mud
since coal fly ash does not contain sodium oxide. The oxides release oxygen to acid mine drainage,
which influences the potential of acid mine drainage, resulting in the formation of hydroxyl ions and
shifts the precipitation pH to lower values.

The total amount of the rare earth elements was 9.83 mg/L, which can be reduced after neutralization
under 4 mg/L using German red mud.

The German red mud performs the best results of all media. The Greek red mud also has good
results, but they were not as good as the German ones. The precipitation efficiency of coal fly ash was
low in some samples. Coal fly ash is usable when iron, aluminium and zinc needs to be precipitated
but manganese would be dissolved in solution.

4. Conclusions

The following conclusions are found in this work:

• In all samples, the iron is removed after a pH of 3.0 (20 min) from acid mine drainage, and aluminum
after a pH of 5.0.

• The required pH for drinking water (pH > 6.5) can be nearly reached.
• Higher mass of red mud and flying ash leads to higher final pH.
• In all experiments, the German red mud achieved the highest pH values.
• Because of it’s high alkaline nature (pH > 12), German red mud is the best precipitation media for

iron, aluminium, cerium and yttrium.
• The red muds removed the metals but enriches the dissolved sodium.
• Sample with coal fly ash enriches the acid mine drainage with sodium and zinc since sodium is

contained in low concentrations.
• Increase of temperature can increase adsorption kinetics.
• Under a pH of 3, yellow flakes have precipitated in the filtrate. The flakes contain

iron(III) hydroxide.
• White flakes indicate the precipitation of aluminum(III) hydroxide.

Kinetic study shows that contrast combinations of mass and temperature can achieve the same
precipitation adsorption. Increasing of temperature to 60 ◦C can double the adsorption capacity of
material like aluminium, which is equivalent to the twofold mass of material. The alternative with the
higher amount of material should be preferred because of the higher pH increase due to easily-soluble
sodium hydroxide. As the results indicated, there is much less metal removal from solution using the
adsorption method.
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Abstract: Three-dimensional groundwater flow around an abandoned mine was simulated to evaluate
the effects of backfilling the excavated underground space of the mine on reducing the acid mine
drainage (AMD). The conceptual model of the groundwater flow consists of not only variable
geological formations but also vertical shafts, horizontal drifts, and the other excavated underground
space. The steady-state groundwater flow in both days with high and little rainfall was calculated
to calibrate the model. The calculated groundwater levels and flow rate of the AMD agreed with
the measured ones by calibrating the hydraulic conductivity of the host rock, which was sensitive
to groundwater flow in the mine. This validated model was applied to predict the flow rate of the
AMD when backfilling the excavated underground space. The results showed that the flow rate of
the AMD decreased by 5% to 30%. This indicates that backfilling the excavated space is one of the
effective methods to reduce AMD of abandoned mines.

Keywords: abandoned mine; groundwater flow analysis; acid mine drainage; backfilling

1. Introduction

Acid mine drainage (AMD) is generated at many active, closed, and abandoned mines throughout
the world. AMD is a serious environmental issue in the mining industry [1–9], which is generally
characterized by low pH and high concentrations of sulfate, heavy metals (e.g., copper (Cu), lead (Pb),
zinc (Zn), and cadmium (Cd)) [10,11], and metalloids (e.g., arsenic (As), [12]). Low pH is caused by
oxidation of sulfide minerals and dissolves heavy metals in the host rock. Moreover, the contribution
of bacteria is important under in situ conditions for AMD formation [13,14]. The chemical reactions
(1)–(4) [15] causes low pH when the oxygenated rainwater contacts with pyrite in the unsaturated zone.
Backfilling the excavated underground space may reduce the amount of AMD due to the decrease in
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hydraulic gradient [16,17]. In addition, the contact area between oxygenated rainwater and pyrite
decreases due to the rise of groundwater levels.

FeS2(s) + 7/2O2 + H2O = Fe2+ + 2SO4
2− +2H+ (1)

Fe2+ + 1/4O2 + H+ = Fe3+ + 1/2H2O (2)

Fe3+ + 3H2O = Fe(OH)3(s) + 3H+ (3)

FeS2(s) + 14Fe3+ + 8H2O = 15Fe2+ + 2SO4
2− + 16H+ (4)

Sulfide minerals in the host rock exposed to shallow groundwater or rainwater are oxidized
during the operation of the mine. In addition, AMD is continuously generated for more than several
decades after closing or abandoning the mines [18].

In Japan, there are over 5500 closed or abandoned non-ferrous metal mines and 79 mines of these
are treating AMD. AMD from closed or abandoned mines is commonly treated by neutralization with
hydrated lime or sodium hydroxide. In this application, most toxic heavy metals are precipitated and
removed [19], and then the treated water is released into nearby rivers. The treatment of AMD induces
a large load from an economic perspective although lime neutralization has effectively been used over
the last 40 years in Japan. Total subsidiary aid cost for about 50 years is ~70 billion JPY (~650 million
USD) in Japan [20].

Active treatments by adding alkaline reagents are costly and should last for decades. On the
other hand, passive treatments are expected to be applied to mines with a relatively lower flow rate
of AMD [21]. For both treatments, it is necessary to reduce the amount of produced AMD. Thus,
it is important to clarify the processes of generating AMD. There have been a variety of studies of
AMD monitoring and characterization in not only Japan (e.g., [22–24]) but also other countries [25–34].
Some studies pointed out that groundwater flow patterns in and around mines should be evaluated to
purpose countermeasures against AMD reduction. There are several methods of the mitigation, such as
covering of ground surface with low-permeable layers and impoundment of land subsidence [35–41].
In this study, the effects of backfilling the underground space in a mine on produced AMD were
examined by 3-D groundwater flow model to reduce the AMD produced because the mine selected
has a huge volume of underground space already excavated.

2. Geology and Mining of Study Area

The selected mining area is located in valley terrain at an altitude of 300 to 400 m (Figure 1).
The basement rock mostly consists of pre-Neogene granite. Neogene tuff, andesite, and rhyolite were
deposited on the granite basement. They erupted and deposited on the granite in the marine. The type
of mine is a vein-type deposit formed in faults and fractures in the Neogene strata. Distribution of
the mined area was recorded in the pit map created during the operating period when drifts were
excavated at a depth of 60, 90, and 150 m from the ground surface (−2 L, −3 L, and −5 L levels,
respectively; Figure 1). Among them, the −5 L level drift is used as drainage of mine water to the mine
mouth. Mining was carried out by the shrinkage method at the beginning of the operation because the
host rock of the Neogene strata was solid and because the veins in the Neogene strata were inclined
with slopes of 70◦ to 90◦. Since the mine is producing sludge generated from AMD neutralization,
backfilling the formed sludge mixed with cement (sandy slime) into excavated underground space
was adopted to prevent collapses of the space. This is because the host rock to be excavated became
crumblier with the progress of operation.
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Figure 2 [42]. Groundwater in the mined area flows through the mining levels (−2 L, −3 L, and −5 L) 
to the adit mouth of the drainage level (−5 L). Thus, the total head of groundwater decreases from 
the ground surface to the deeper underground, and thereby duplicate aquifers, a shallower aquifer, 
and a deeper aquifer, are formed. 

The flow rate of AMD is about 4 to 10 m3/min from this mine. The AMD from the adit mouth 
of –5 L level accounts for about 0.04 to 0.16 m3/min. 
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3. Conceptual Model of Groundwater Flow

Groundwater flows through aquifers consisting of surface soil and weathered layers at this
mine site. Groundwater in the aquifers flows to mining areas through faults and veins as shown in
Figure 2 [42]. Groundwater in the mined area flows through the mining levels (−2 L, −3 L, and −5 L)
to the adit mouth of the drainage level (−5 L). Thus, the total head of groundwater decreases from the
ground surface to the deeper underground, and thereby duplicate aquifers, a shallower aquifer, and a
deeper aquifer, are formed.
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The flow rate of AMD is about 4 to 10 m3/min from this mine. The AMD from the adit mouth of
−5 L level accounts for about 0.04 to 0.16 m3/min.

4. Methods

4.1. In Situ Survey

Groundwater levels were continuously measured at B-2 and B-3 from August 4, 2014 to December
17, 2016 at intervals of 60 min. The strainer pipes were installed from 15.0 to 35.0 m deep of B-2 well
and from 3.0 to 15.0 m deep of B-3 well. B-2 is located less than 10 m away from B-3 and both wells are
at the same ground level. This means that B-2 is to monitor the deeper groundwater level whereas
B-3 is to monitor the shallower groundwater level. The location of these boreholes corresponds to
upstream of groundwater into underground space, sensitive to the AMD production.

The flow rate of AMD was measured at M1 in Figure 1 using triangular weirs installed in the
drain of the tunnel. The flow rate of AMD was measured from 4 August 2014 to 17 December 2016
at intervals of 60 min. The daily precipitation was calculated by accumulating hourly precipitations
measured at the observatory 2 km away from the study area.

4.2. Theoretical Equation

Saturated–unsaturated groundwater flow analysis was applied to evaluate groundwater flow
using Dtransu-3D-EL software [42,43] together with G-TRAN/3D pre- and post-processing softwares
for Dtransu-3D [36,40]. Dtransu-3D-EL software solves the equation for saturated–unsaturated
groundwater flow derived from the mass preservation and Darcy’s equation, which can be written as

ρ fθγ
∂c
∂t

+ ρ
{

βSs + Cs(θ)
}∂ϕ

∂t
=
∂

∂xi
{ρKS

ijKr(θ)
∂ϕ

∂x j
+ ρKS

i3Kr(θ)ρr} (5)

where ϕ is the pressure head, θ is the (volumetric) water content, Ss is the specific storage, Cs(θ) is
the specific water capacity, KS

ij is the directional components of the saturated hydraulic conductivity
function, Kr is the relative hydraulic conductivity, t is time, ρf is the density of solvent, ρ is the density
of fluid, ρr is the ratio of ρf to ρ, β = 1 is the saturated zone, β = 0 is the unsaturated zone, and γ is the
solute density ratio [43].

4.3. Numerical Model

Basic configuration of the numerical model is shown in Table 1. The model domain had an
area of 0.58 km2 with a total elevation of 520 m and bounded by topographic ridges as shown in
Figure 3. The mined area above the mining levels (−2 L, −3 L, and −5 L levels) was assumed to be in
an unsaturated zone. The ground surface topography was reproduced by using the digital elevation
model (DEM) created based on numerical maps by aerial survey. Ore body, mining levels (−2 L, −3 L,
and −5 L) and excavated area (backfilled with sandy slime) were constructed in the mesh diagram
of the numerical model based on the handwritten ore map and level map with 1:3000 scale. First,
the ground plane was divided into squares with a side of 20 m. Next, a two-dimensional square
on the ground surface were extended in the underground direction to form quadrangular prisms.
Quadrangular prisms were added downward to create a three-dimensional mesh model.
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Table 1. Basic configuration of the numerical model.

Items Configurations

Boundary conditions

Side and bottom Impermeable

Ground surface
Infiltration:

5.0 mm/day (days with high rainfall)
0.47 mm/day (days with little rainfall)

River Pressure head: 0 m
Mining levels

(−2 L, −3 L, and −5 L) Seepage

Finite element method grid
Number of elements 19,890

Number of layers 12
Basic element size x = 20 m; y = 0.5–140 m; z = 20 m

Method of analysis Saturated-unsaturated
three-dimensional seepage analysis
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The hydraulic conductivities (K) and unsaturated properties of numerical blocks representing the
surface soil, embankment, and Neogene strata as well as the excavated areas were based on either
in situ measured results or estimated from the results of other papers as listed in Table 2. Hydraulic
conductivities were obtained from in situ permeability tests or estimated from rock permeability data
collected throughout Japan [44].

The properties of various geological strata under unsaturated conditions were obtained by the
van Genuchten model [45], which are given by

Se(ϕ) =
θ− θr

θs − θr
= [

1
1 + |aϕ|n

]
m

(6)
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Kr{Se(ϕ)} = Se
l[1− (1− Se

1/m)
m
]
2

(7)

where Se is effective water saturation, θs is the saturated water content, θr is the residual water content,
a, m, and n are the van Genuchten parameters [45], and l is a parameter representing the degree of pore
connectivity (no unit). The van Genuchten parameters used for the current simulations are presented
in Table 3, and the corresponding functions are depicted in Figure 4.

Table 2. Hydraulic conductivities of different geological strata.

Type of Geological Stratum
Hydraulic Conductivity

K (m/s)
Reference

Surface soil 1.1 × 10−5 [44]
Embankment 7.0 × 10−7 [46]

Neogene strata 1.0 × 10−9, 9.2 × 10−9,
1.9 × 10−8, 9.4 × 10−8 in situ measurements

Ore body 1.9 × 10−6 in situ measurements
Mining levels (−2 L, −3 L, and −5 L) 1.0 × 10−1 [40]

Excavated area (backfilled with sandy slime) 7.3 × 10−6 in situ measurements

Table 3. Residual water content θr, saturated water content θs, and van Genuchten parameters a, l,
and n [45].

θr (-) θs (-) a (m−1) l (-) n (-) Reference

Tailings 0.00 0.42 0.15 0.5 1.87 [46]
Sand slime 0.01 0.29 3 0.5 3.72 [47]
Andesite 0.00 0.104 0.06 0.5 3.57 [48]
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Figure 4. Water content and hydraulic conductivity curves using the van Genuchten’s model for sandy
slime, tailings, and andesite. See Table 3 for the corresponding parameters of the van Genuchten
model [45].

The distribution of mined areas and tunnels (−2 L, −3 L, and −5 L levels) in the numerical model
was based on the records of the operating period. At that time, the thickness of the mining area was
set at 3 m based on the actual space size. Similarly, the height and width of mining levels were set at
2 m. The average rainfall in August 2014 was 13.5 mm/day (hereafter, days with high rainfall) and the
average in August 2015 was 3.5 mm/day (hereafter, days with little rainfall). The infiltration rate was
calculated based on the water balance analysis, days with high rainfall: 5.0 mm/day (recharge rate
0.37) and days with little rainfall: 0.47 mm/day), (recharge rate 0.13). Both mining level (−2 L level)
and drainage level (−5 L level) were assumed to be seepage boundary conditions.

The boundary conditions of the numerical simulations are as follows:

• The river was assumed to be connected to the groundwater surface and was set as a fixed head
boundary condition (pressure head 0 m).

• The ground surface (except that of the river) was set as infiltration boundary condition (Table 1).
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The flow chart of the simulation is the same as Nishigaki (1995) [49].

5. Results and Discussion

5.1. Monitored Data

The groundwater level of B-2 in the deeper aquifer was almost constant at the elevation of about
287 m while that of the B-3 in the shallow aquifer was changed in response to rainfall. This means that
the groundwater level of B-3 is sensitive to rain whereas that of B-2 is not so sensitive to rain.

The AMD flow rate is shown in Figure 5. The maximum value was 0.16 m3/min in April during
the snowmelt season. Although the AMD flow rate tended to increase during the snowmelt season,
the AMD during the summer varied from year to year, high in 2014 and low in 2015. This means that
the infiltration of rainwater directly affects the flow rate of the AMD.
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Figure 5. Comparison between the simulated and measured acid mine drainage (AMD) flow rate of
days with high (right) and little (left) rainfall.

5.2. Calibration of Hydraulic Conductivity of the Neogene Strata

The study area is snowy in winter and snowmelt increases the amount of AMD in spring (March
to May). However, the rain depends on the year during summer. Thus, the AMD flow rates in days
with high rainfall (August 2014) and days with little rainfall (August 2015) were selected for calibration.
In order to evaluate seasonal variations of AMD flow rates, analysis of steady state groundwater flow
was performed for both days with high and little rainfall.

The simulated AMD flow rates by changing the hydraulic conductivity of the Neogene strata
ranging from 1.0 × 10−9 m/s to 9.4 × 10−8 m/s are compared with those measured rates as shown
in Figures 5 and 6. Since measured hydraulic conductivity of the Neogene strata ranged from
1.0 × 10−9 m/s to 9.4 × 10−8 m/s, the hydraulic conductivity was parametrically changed in the
simulation. The calculated AMD flow rate strongly depended on the hydraulic conductivity of the
Neogene strata. The AMD flow rate was the highest in case of the highest hydraulic conductivity of
9.4 × 10−8 m/s, and lowest in case of the lowest hydraulic conductivity of 1.0 × 10−9 m/s. When the
hydraulic conductivity of the Neogene strata was 9.2 × 10−9 m/s, the flow rate of AMD agreed with
the measured ones during both days with high and little rainfall. This means that the same hydraulic
conductivity of the Neogene strata is applicable to any season.
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soil was increased by 10%. As a result, the water level difference between days with high rainfall 

Figure 6. Change of precipitation and AMD flow rate.

The sensitivity analysis of hydraulic conductivity of the ore body was also conducted to investigate
whether the ore body distributed on the upper part of −5 L affected the flow rate of AMD. When the
hydraulic conductivity of the ore body was reduced to 1.9 × 10−5 m/s, the AMD increased by 20%,
and when the hydraulic conductivity was increased to 1.3 × 10−5 m/s, the AMD decreased by 10%.
This indicates that the effect of hydraulic conductivity of the Neogene strata on AMD flow rate was
more significant than that of the ore body. It was also found that the amount of AMD from the deeper
−5 L decreased when the shallower ore body collected more groundwater.

Calculated groundwater levels are compared with observed ones in boreholes as shown in Figure 7.
The measured groundwater levels agreed with the calculated ones, irrespective of seasons when the
hydraulic conductivity of the Neogene strata of 9.2 × 10−9 m/s was used. The measured and simulated
levels of B-3 increased during the days with high rainfall and decreased during the little rain days.
The simulated groundwater level of B-2 had a difference of about 4 m between the days with high
and little rainfall. However, the measured values of B-2 were constant during both seasons. This
indicates that the groundwater flow model can simulate the shallower groundwater flow and not
deeper groundwater flow well.
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Figure 7 shows changes in groundwater levels of monitoring wells of B-2 and B-3. The simulated
results agreed with the observed ones. This implies that the calibrated model is effective in evaluating
groundwater levels of both rainwater-sensitive and rainwater-insensitive wells.

The simulated value of B-2 responds to the increase/decrease in rainfall with a water level difference
of 3.8 m between the days with high rainfall and little rainfall. Even if the amount of rainfall is large, if
it runs off the surface layer, it may not contribute to the rise in water level. Therefore, we conducted a
sensitivity analysis in which the hydraulic conductivity of the surface soil was increased by 10%. As a
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result, the water level difference between days with high rainfall and little rainfall was 3.7 m. Although
it had the effect of suppressing the increase/decrease in water level difference, it was small.

5.3. Prediction of the Effect of Backfilling

Figure 8 shows the vertical distribution of total head and Darcy velocity along the drainage
tunnel simulated by 3-D groundwater flow model. Before backfilling the underground space, the total
head decreased from the ground surface to the mining level (−2 L level) as shown in Figure 8b. Both
groundwater surfaces of the shallower and lower levels around the mining level (−2 L level) were
clearly observed in the simulation (Figure 8b). The AMD flow rate exceeded 1.0 m/day as Darcy flow
velocity around the mining level (−2 L) (Figure 8c). This flow rate corresponds to 0.091 m3/min of AMD
produced. After backfilling the mining levels (−2 L, −3 L, and −5 L), AMD flow rate was calculated
at 0.059 m3/min, 64.9% of AMD flow rate before backfilling, during days with high rainfall (35.1%
reduction). In days with little rainfall, AMD flow rate was calculated at 0.059 m3/min after backfilling,
which was 95.1% of the flow rate before backfilling (4.9% reduction). This indicates that the AMD flow
rate was reduced after backfilling whether it was the rainy season or not. In particular, backfilling the
underground space was more effective during the rainy season. On the other hand, the groundwater
level rose after the mined area was backfilled (Figure 8b). In addition, the groundwater flow around
the −2 L level was reduced after the backfilling (Figure 8c). Higher groundwater level could mitigate
the reaction between atmospheric oxygen and sulfide minerals in the underground. Thus, the rise
in groundwater level may prevent AMD formation. If DO (Dissolved Oxygen) is consumed in the
saturated zone, there is no new supply of oxygen and the oxidation reaction of pyrite does not occur.
The geochemical modelling like previous theoretical model and experiments [50–52] is necessary to
estimate the amount of acidification.
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The measured amounts of AMD showed a difference of about twice in the days with high rainfall
and the days with little rainfall as shown in Figure 8 and 1.5 times in the simulation. The amount of
AMD in the days with high rainfall and that in the days with little rainfall were almost the same after
backfilling because AMD was not significantly affected by the infiltration of rainwater.

The obtained results imply that backfilling underground space is effective in reducing the flow
rate of AMD and preventing AMD formation is also expected. The backfilling method is promising
when inclined water-conductive zones, such as excavated underground space and fractures, are located
in the mine. Based on the outcome of this study, an appropriate design of backfilling underground
space can be performed to mitigate the AMD in closed and abandoned mines. The effects of backfilling
underground space on AMD production depend on the geology and hydrogeology of mine sites, so
applying this method to a variety of sites is required to quantitatively evaluate the performance.

6. Conclusions

3-D numerical model consisting of a variety of geological formations and underground tunnels
was constructed. By using the calibrated model, both groundwater levels around the mine and flow
rates of AMD agreed with the measured values, irrespective of the season. In this mine, AMD after
backfilling the underground space was reduced to more than 30% in days with high rainfall and to 5%
in days with little rainfall. In addition, the acidification of groundwater may be expected due to the
rise in groundwater levels. These results imply that backfilling the underground space is effective in
reducing AMD in this mine.
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Abstract: The critical environmental situation in the region of southwestern Siberia (Komsomolsk
settlement, Kemerovo region) is the result of the intentional displacement of mine tailings with
high sulfide concentrations. During storage, ponds of acidic water with incredibly high arsenic
(up to 4 g/L) and metals formed on the tailings. The application of chemical methods to treat these
extremely toxic waters is implemented: milk of lime Ca(OH)2, sodium sulfide Na2S, and sodium
hydroxide NaOH. Field experiments were carried out by sequential adding pre-weighed reagents
to the solutions with control of the physicochemical parameters and element concentrations for
each solution/reagent ratio. In the experiment with Ca(OH)2, the pH increased to neutral values
most slowly, which is contrary to the results from the experiment with NaOH. When neutralizing
solutions with NaOH, arsenic-containing phases are formed most actively, arsenate chalcophyllite
Cu18Al2(AsO4)4(SO4)3(OH)24·36H2O, a hydrated iron arsenate scorodite, kaatialaite FeAs3O9·8H2O
and Mg(H2AsO4)2. A common specificity of the neutralization processes is the rapid precipitation of
Fe hydroxides and gypsum, then the reverse release of pollutants under alkaline conditions. The
chemistry of the processes is described using thermodynamic modeling. The main species of arsenic
in the solutions are iron-arsenate complexes; at the end of the experiments with Ca(OH)2, Na2S, and
NaOH, the main species of arsenic is CaAsO4

−, the most toxic acid H3AsO3 and AsO4
3−, respectively.

It is recommended that full-scale experiments should use NaOH in the first stages and then Ca(OH)2

for the subsequent neutralization.

Keywords: mine water treatment; milk of lime; sodium sulfide; sodium hydroxide; arsenic-
containing tailings

1. Introduction

Minimizing the influence of toxic components in acid mine drainage (AMD) and acid rock drainage
(ARD) has been a widely discussed topic in the scientific literature since the 1990s [1–9]. Along with the
use of natural materials as sorbents, including zeolites [10,11], clay minerals [12,13], plant materials [14],
charcoal ash [15] and iron and aluminum oxides [16], to extract various elements from solutions are
offered. Other various modified and induced sorbents include aluminosilicates, ferrocyanide sorbents
based on hydrated titanium dioxide, resins, organosilicon ion-exchange and complex-forming sorbents
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and cementitious materials [17–20]. Different approaches for the precipitation of metals and metalloids
from AMD solutions have been applied, such as the use of zero-valent iron [21], a pulsed limestone bed
treatment system minimizing armor formation [22], and alkaline industrial wastes [23]. Currently, the
focus is on two directions of the tailings problem: (1) prevention methods; and (2) secondary mineral
processing of mine waste [24].

Highly mineralized acid drainage solutions are extremely toxic for the environment; they have
to be treated, making a neutral pH and the removal of metal and metalloids necessary to reduce
potential hazards [25]. Nevertheless, the critical environmental situation in the industrial region of
southwestern Siberia (Kemerovo region) is the result of the intentional displacement (for reprocessing)
and uncontrolled storage for 16 years (due to inexpediency) of the cyanide leaching tailings with high
sulfide and arsenic concentrations. Ponds of acidic water with extremely high concentrations of arsenic
(up to 4 g/L) and metals are formed on the surface of the solid tailings.

Limestone or portlandite has been used for the neutralization of drainage solutions of different
composition and acidity [25]. These lime neutralizers in case of H2SO4 precipitate gypsum (CaSO4

2H2O) and passivate the surface. This indicates that alternatives could be needed.
Igarashi et al. [26] assert that AMD or ARD neutralization is effective but unsustainable in the long

term. Estimation of the number of years required for metals in AMD from abandoned tailings dams to
decrease below maximum permissible concentrations (MPC) has been done [27]. The authors of the
reactive-transport model have estimated that the formation of AMD and release of Zn will persist for a
thousand years. Igarashi et al. [27] introduced a technique for AMD management, where acid solution
with high concentrations of Zn, Cu, and As was treated using a laboratory setup of ferrite flow.

An alternative AMD processing method is the alkaline barium calcium desalination. Both sulfate
and metals were reduced below the MPC. The interesting thing about this technology is that low levels
of sludge are disposed after useful chemicals are recovered from AMD [28,29].

The precipitation of metal sulfides, the solubility and stability of the sulfide ion, and its complexes
with metals were reported by Lewis and Hille [30]. A great attention has been paid to the precipitation of
metal sulfides from AMD and saturated leach solutions [31]. These authors conclude, “notwithstanding
and irrespective of the source of sulfide, metallic sulfide precipitation has many challenges. Further
research is needed to address these issues”.

A fractional precipitation process was conducted to precipitate metals from the AMD [32]. With the
help of four-step precipitation, AMD was treated to World Health Organization (WHO) requirements.
Detoxification of zinc plant leach residues from Kabwe, Zambia has been performed by removing Pb,
using a coupled extraction-cementation method in chloride media [33].

Special attention is devoted to the removal of arsenic from acidic and alkaline drainage, due to its
high toxicity and mobility [34–38]. The formation of ferric arsenate, or a Fe/Al arsenate phase, as well as
strong adsorption of As to Fe-oxyhydroxides/oxides have limited its mobility at low pH conditions [3].
The initial step in the extraction of As from solution is the oxidation of trivalent arsenic to pentavalent
arsenic to remove it in one stable form [39,40]. To do this, they use hydrochemical neutralization
with lime, resulting in the formation of svabite Ca5(AsO4)3F [41,42], sulfide precipitation [43,44],
coprecipitation with iron and formation of scorodite FeAsO4·2H2O [45,46], bacterial deposition [47,48]
and various sorbents [49–51]. As(V) in acidic solutions (pH 3–4) can be removed effectively by
synthesized schwertmannite [52], biomineralization [53] and scorodite precipitation [54,55]. Besides,
As mobility can be decrease via sorption reactions with carbonates and/or gypsum [56,57]. However,
the arsenic problem is far from being resolved now.

For example, Yuan et al. [51] investigated the effect of pH on fast As removal from AMD
containing high arsenic. The authors studied Fe/As molar ratio, oxygen flow rate, temperature,
initial As concentration and the action of reagents (NaOH vs. Ca(OH)2). The mechanisms of solid
precipitation, including As removal, were deeply discussed. This study provides further evidence
on the speciation of As and its distribution in Fe(II/III)-As(III/VI)-S(II/VI) aqueous and solid systems,
which affects the fate of arsenic. To date, there is no better summary of arsenic mineralogy than [58].
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In this article, we presented a case study for both acidic solutions neutralization and metal
precipitation from a highly mineralized tailings pond water, based on the addition of Ca(OH)2, Na2S,
and NaOH in the field. From a geochemical point of view, according to the mechanism, the reagents act
as precipitating Ca(OH)2, reducing Na2S, and neutralizing NaOH barriers. Actually, Ca(OH)2 is also a
neutralizing reagent, and NaOH may trigger metal precipitation as well; therefore, this difference is
conditional for convenience. The above references show the relevance of this case study for a broader
international audience. This means that current techniques like chemical neutralization should be
improved to facilitate the better and more sustainable management of AMD solutions. In our study,
we focus on (1) the optimal S/R ratio for the precipitation of elements during a sequential decrease of
its variable; (2) identification of the mineral species of elements formed during neutralization; and (3)
description of the chemistry of the water-rock interactions by thermodynamic modeling. Our task was
to develop a quick and cheap way to prevent in situ the influence of toxic solutions, within the limits
of the population’s habitat.

2. Materials and Methods

2.1. Study Area

The object of the study was to find highly mineralized solutions from ponds on the surface of
displaced tailings after the cyanide leaching of the sulfide flotation concentrate from the Berikul gold
extracting plant (BGEP), Figure 1.

Figure 1. (a) Geographic position; (b) sample site at the Berikul tailings; and (c) photograph of
acid ponds.

In 2004, the tailings were transported and stored in the southern part of the Komsomolsk tailings
impoundment [59]. After 2004, ponds were formed by seasonal precipitation on top of the displaced
Berikul tailings. The volume and configuration of the ponds changed seasonally. The pond water has
a brownish-black to light red color. Interactions with highly oxidized tailings led to the formation of
the current hydrochemical composition of the solutions. The solutions of the ponds are acidic, and
ultra-acidic solutions with extremely high concentrations of many chemical elements, such as arsenic,
are the main danger. The arsenic maximum concentration reached 4 g/L. A detailed description of the
compositions of the ponds and solutions is provided in a previous article [59]. Based on the measured
volume of the ponds and the mean concentration of arsenic in the solutions, the calculated amount of
dissolved arsenic is 80–120 kg. The existence of open ponds with highly toxic solutions within the
village boundaries raised concerns about their neutralization and precipitation of elements. Since there
are no sorbents applicable for the extraction of elements with such high mineralization (Table 1), the
precipitation of elements was carried out using chemical bonding technology, with three common
reagents: Ca(OH)2, Na2S and NaOH.
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Table 1. Chemical composition of the Berikul pond water formed on the top of mine wastes, Eh in mV,
electrical conductivity (EC) in mSm/cm, element concentration in mg/L.

Ber-1/0 Ber-1/0

pH 2.10 Zn 140
Eh 657 Pb 6.4
EC 11 Cd 3.4

SO4
2− 27,000 Ba 0.32

Ca 630 Rb 0.0072
Mg 420 Sr 1.9
Na 22 As 1300
K 6.20 Sb 0.18
Al 520 Bi 1.7
Fe 8600 P 34
Mn 18 Mo 0.052
Cr 3.2 Sn 0.028
Co 4.2 In 0.054
Ni 4.8 Ag 0.0064
Cu 32

Chemical treatment is used as a method for the deep purification of industrial wastewater. The
processes of the binding of elements and their precipitation in the form of newly formed phases were
studied by field experiments, which did not require the transportation and storage of the solutions.

2.2. Methods and Used Reagents

Field batch tests on the interaction of mine drainage with the three chemical barriers were carried
out in the same regime under ambient conditions. To select a solution for the experiments, samples
were taken from different ponds. The electrical conductivity and pH were measured in situ, and
the most acidic saline solution, Ber-1 (pH 2.1), was chosen for the experiment. To allow the initial
composition of the solution to be identical in all experiments, a larger aliquot for the experiments
was taken with a polyethylene bucket, which was previously rinsed three times at the sampling site.
Then, a sample for analysis (Ber-1/0) was taken from the bucket, and 1 L of the solution was poured
into polyethylene bottles and covered with lids. Different amounts of reagents (Table 2) were added
sequentially to 1 L of this solution to fix the alkaline conditions.

Table 2. The weight of the portion (PW, g), the total weight of the reagent (TW, g) and the ratios of the
solution and the reagent (S/R) during the experiments.

Sample
Ca(OH)2

Sample
Na2S

Sample
NaOH

PW, g TW, g S/R PW, g TW, g S/R PW, g TW, g S/R

B-1/1/1 0.20 0.20 5000 B-1/2/1 0.20 0.20 5000 B-1/3/1 0.20 0.20 5000
B-1/1/2 0.20 0.40 2500 B-1/2/2 0.20 0.40 2500 B-1/3/2 0.20 0.40 2500
B-1/1/3 5.0 5.4 185 B-1/2/3 1.0 1.4 714 B-1/3/3 1.0 1.4 714
B-1/1/4 5.0 10 96 B-1/2/4 1.0 2.4 417 B-1/3/4 1.0 2.4 417
B-1/1/5 5.0 15 65 B-1/2/5 1.0 3.4 294 B-1/3/5 1.0 3.4 294
B-1/1/6 5.0 20 49 B-1/2/6 1.0 4.4 227 B-1/3/6 1.0 4.4 227
B-1/1/7 10 30 33 B-1/2/7 2.0 6.4 156 B-1/3/7 2.0 6.4 156
B-1/1/8 10 40 25 B-1/2/8 2.0 8.4 119 B-1/3/8 2.0 8.4 119
B-1/1/9 10 50 20 B-1/2/9 2.0 10 96 B-1/3/9 2.0 10 96

B-1/1/10 10 60 17 B-1/2/10 4.0 14 69 B-1/3/10 2.0 12 81
B-1/2/11 4.0 18 54 B-1/3/11 2.0 14 69
B-1/2/12 8.0 26 38 B-1/3/12 2.0 16 61
B-1/2/13 16 42 24

We used the following reagents: 1) industrial milk of lime (Ca(OH)2; JSC “Iskitimcement”,
Iskitim, Novosibirsk region, Russia); 2) chemically pure dry sodium sulfide (Na2S; JSC “Lenreaktiv”,
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Sankt-Petersburg, Russia); and 3) chemically pure dry sodium hydroxide (NaOH; JSC “Ekos”, Moscow,
Russia).

The total mass of the chemical reagents required to achieve an alkaline pH and the masses of
the sequential portions of the reagents were previously calculated based on the stoichiometry of the
main reactions, and on the concentration of the elements in the drainage solution. We thoroughly
manually mixed the portion of the reagent with 1 L of Ber-1/0 solution in the polyethylene bottle. Then,
the solutions were allowed to settle for 20 min, and the following parameters were determined in
situ in the clarified solution: pH, Eh, and electrical conductivity (EC). The pH and Eh values were
determined using the Expert 001 pH/ion-meter (JSC “Ekoniks-Expert”, Moscow, Russia). The EC
values were measured using a Cond 315i/SET device (JSC “Wissenschaftlich Technische Werkstatten
GmbH”, Weilheim, Germany), with automatic temperature compensation and a TetraCon 325 sensor.

An aliquot of 5 mL of the clarified solution was filtered through a membrane filter with a 0.45 µm
pore diameter (CC “Vladipor”, Vladimir, Russia) in a plastic tube, and then it was acidified with
100 µL of chemically pure distilled concentrated HNO3 acid, to determine the elemental composition
according to [60]. Concentrations of major, minor, and trace elements in the water samples were
determined using inductively coupled plasma mass spectrometry (ELAN-9000 DRC-e, Perkin Elmer,
Shelton, USA) in the certified Chemical Analytical Center “Plasma” (Tomsk, Russia). Accuracy and
precision were estimated to be 7% or better at the mg/L concentration level and 10% or better at the
µg/L concentration level. Reference standard material (RSM) used in the quality control of the ICP-MS
analytical results of liquids is certified wastewater—Trace metals solution (CWW-TM-D, High Purity
Standards, Charleston, USA). All measurements were conducted in three replicates (n = 3) for each
element. After reaching neutral and alkaline pH values, the experiment was completed, the last portion
of the solution was sampled, the rest of the solution was decanted, and the precipitates were dried at
room temperature.

Next, the dried precipitates were homogenized, and the mineralogical composition was determined
using X-ray spectral and X-ray diffraction analyses in the IGM SB RAS, Novosibirsk. Individual grains
were selected to determine the mineralogical composition. A study of the morphology and composition
of the grains was carried out with the scanning electron microscope MIRA3 LMU (TESCAN ORSAY
HOLDING, Brno-Kohoutovice, Czech Republic), with an energy dispersive attachment Inca-Energy
450 XMax 80 (Oxford Instruments-NanoAnalysis, High Wycombe, UK).

The numerical experiment completely simulated the composition of the initial solution
and the addition of the corresponding amount of reagents in grams. In the output file,
the equilibrium pH values, Eh values and supersaturation of the solution and composition
of solid phases were recorded. The equilibria in the heterophase 20-component system
H-O-C-S-N-Ca-Mg-Na-K-Fe-Al-Mn-Sr-As-Sb-Cu-Zn-Pb-Ba-P were calculated at 25 ◦C, under a total
pressure of 1 atm and a partial CO2(gas) pressure of 10−3.5 atm, using the HCh (HydroChemistry)
software, based on the principle of minimization of the thermodynamic potential of the system (Gibbs
free energy) and the UNITHERM thermodynamic database [61].

We compared the experimental solutions composition and the water chemistry obtained using
HCh modeling of each-step solutions supersaturation after adding the reagents. The objective was
to determine if the observed concentrations of major cations (Ca, Mg, K, Na), As and metals can be
reached by the precipitation of the various minerals. The mineralogy of the precipitates was modeled
with the suite of minerals from the extended UNITHERM database. The model is adequate, while
small differences in details are due to the fact that (a) there are no thermodynamic data for a number
of minerals, for example, chalcophyllite, (b) the experiment solid-solutions system does not always
achieve complete thermodynamic equilibrium, (c) the mineral composition was determined only after
the experiment, and not during the step-by-step addition of each reagent, as in calculations.
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3. Results

3.1. Precipitation Experiment with Ca(OH)2

A change in the pH values during the experiment indicates a large buffer capacity of the solution
with the initial pH = 2.1. The pH values increased by only 1 unit when S/R = 33 (30 g of Ca(OH)2 was
added, Figure 2).

Figure 2. Changes in the physicochemical conditions and EC during the experiment with Ca(OH)2.
Hereinafter, the italic numbers above the abscissa axis indicate the steps of the experiment. At the
experiment with Ca(OH)2, physico-chemical parameters and element concentrations were measured at
solution/reagent ratios (S/R): 1—5000; 2—2500; 3—185; 4—96; 5—65; 6—49; 7—33; 8—25; 9—20; 10—17.

A noticeable increase in pH to 5.17 occurred when 40 g of reagent was added to the initial solution
with a volume of 1 L (S/R = 25). In the next steps of the experiment, the acidity of the solution began to
decrease sharply. At S/R = 20, the pH increased to 7.79, and at the end of the experiment, when 60 g of
Ca(OH)2 was added to the solution (S/R = 17), the pH increased sharply to 12.22.

The pH value increased during the experiment, whereas the EC, reflecting the total mineralization
of the solution, gradually decreased to the ratio S/R = 20 (pH = 7.79), due to the precipitation of the
Ca-containing solid phases. This phenomenon is evidenced by the stable Ca concentrations in the
solution throughout the experiment, despite the gradual addition of Ca(OH)2. However, at the last
step of the experiment (pH = 12.22), the electrical conductivity sharply increased by 1.5 mSm/cm,
which indicates the leaching of elements into the solution. This result is not unexpected, since alkaline
solutions are very aggressive. The Eh in the first seven steps of the experiment changed from 657 to
619 mV; in step No. 8, the Eh decreased to 333 mV and became negative in the last two subsequent
steps (−13 and −116 mV).

The pH value increased during the experiment, whereas the EC, reflecting the total mineralization
of the solution, gradually decreased to the ratio S/R = 20 (Ph = 7.79), due to the precipitation of the
Ca-containing solid phases. This phenomenon is evidenced by the stable Ca concentrations in the
solution throughout the experiment, despite the gradual addition of Ca(OH)2. However, at the last
step of the experiment (pH = 12.22), the electrical conductivity sharply increased by 1.5 mSm/cm,
which indicates the leaching of elements into the solution. This result is not unexpected, since alkaline
solutions are very aggressive. The Eh in the first seven steps of the experiment changed from 657 to
619 mV; in step No. 8, the Eh decreased to 333 mV and became negative in the last two subsequent
steps (−13 and −116 mV).

According to the Nernst equation [62], the dependence of Eh-pH suggests such a coherent change.
However, we note that, in ponds exposed to the atmosphere, the Eh value is only 657 mV, which
indicates that the potential-determining system is most likely the pair Fe2+/Fe(OH)3(s), since the initial
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concentration of iron is 8600 mg/L (Table 1). Thus, the process can be divided into two main stages: S/R
= 33 (a slight increase in pH) and S/R = 25-20-17 (a total of 60.4 g of Ca(OH)2 was added), Equations
(1)–(3):

Fe2+ + 2H2O = Fe(OH)2 + 2H+ (1)

Fe3+ + 3H2O = Fe(OH)3(s)↓ + 3H+ (2)

2Fe(OH)2 + 0.5O2 + 2H2O = 2Fe(OH)3 + H2O (3)

The buffer capacity of the solution was high, and allowed for the stability of pH values in a narrow
range of one unit. After reaching S/R = 33, other reactions involving arsenic and metals take place in the
system. The content of Fe, Cu, Zn, Pb, and other metals, as well as metalloids (As, Sb, Bi, Sn), slightly
decreased while the solution was acidic (to pH < 3.06), which corresponded to S/R = 33 (Figure 3).

Figure 3. Changes in the elemental concentrations during the experiment with Ca(OH)2.

Then, with a noticeable increase in pH to 5.17 at S/R = 25, the concentrations of almost all the
elements decreased sharply and continued to decrease in the next step when the pH reached slightly
alkaline values (pH = 7.79, S/R = 20). Adsorption-coprecipitation with hydrous ferric oxides and
sorption reactions with kaolinite and montmorillonite play a significant role in mobility of Zn and
Pb [63]. However, with a further increase in alkalinity (pH = 12.2, S/R = 17), the concentrations of
the elements began to increase. The contents of the alkali metals (Na, K) fluctuated insignificantly
throughout the experiment.

The precipitate formed as a result of the interaction of Ca(OH)2 with the solution was a
semiamorphous dark gray substance; after drying, it changed to a fine-grained, earthy mass. The
XRD analysis data showed the presence of mainly gypsum and the amorphous phase of iron and
aluminum hydroxides (plohmite) in the products from the final phase after the experiment. Ettringite,
bassanite, alunite, and carbonates of Ca and Fe were formed in smaller amounts. In addition, traces of
pickeringite (precipitated Mg) and arsenosiderite Ca3Fe4(AsO4)(OH)6·3H2O were found in the sample
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(Table 3). Thus, we have evidence of the formation of aqueous sulfates and complex compositions,
hydroxides, and carbonates. The mineral phases of Cu and Zn were not identified.

Table 3. Mineral composition of the precipitates after the experiment with Ca(OH)2 (XRD analysis).

Major Minor Trace

Gypsum CaSO4·2H2O Ettringite Ca6Al2(OH)12(SO4)3·26H2O Pickeringite MgAl2(SO4)4·22H2O

Amorphous
phase Fe(OH)3

Bassanite CaSO4·0.5H2O Plohmite AlO(OH)

Alunite KAl3(SO4)2(OH)6 Arsenosiderite Ca3Fe4(AsO4)
(OH)6·3H2O

Calcite CaCO3 Butlerite Fe(OH)SO4·2H2O

Siderite FeCO3

However, as a result of the electron microscopy studies of the precipitate, Cu and Zn impurities
were detected in the Fe-Ca minerals. In addition, ultrafine inclusions of the As-containing phases,
presumably arsenosiderite, which were identified by XRD analysis (Figure 4), were found in some
grains of gypsum and Fe-Ca minerals.

Figure 4. Scanning electron microscopy images of the precipitates after the experiments with Ca(OH)2:
(a) fine-grained crystals of gypsum in the groundmass of Fe-Ca minerals containing As (possibly
arsenosiderite); (b) colloform mixture of gypsum, goethite, and hydroxosulfates of Al, Mg, and Fe,
with ultrafine inclusions of As-containing grains. Cu and Zn were found as impurities in gypsum and
goethite; (c) a mixture of Fe-Ca- minerals with calcite.

Numerical Simulation of the Ca(OH)2 Experiment

A theoretical model with one liter of the Fe-As-sulfate solution (Table 1) by milk of lime has shown
that, when 2.1 g of Ca(OH)2 is added, the solution becomes supersaturated with, Fe(OH)3(am), gypsum,
and anglesite (Table 4).

Due to the formation of suspensions, 2800 mg of iron and 4.6 mg of lead can precipitate from the
solution. The Ca content in the solution remains stable because it is controlled by the solubility of
gypsum. The amounts of the formed suspension obtained in the numerical simulation are slightly higher
than the decrease in the concentration of elements in the experimental solutions at the corresponding
stages; however, taking the analysis error (10%) into account at such high concentrations of elements
in the solution, the agreement is satisfactory. At pH ~3 (S/R = 49 and 33), the situation changes, such
that gibbsite, alunite (aluminum minerals), apatite, and traces of shultenite and conichalcite (arsenates
containing heavy metals) appear. Even though only 40 mg of arsenic precipitates from the solution, the
precipitation process begins. With optimal S/R ratios of 25 and 20, the precipitation of arsenic occurs in
the form of aqueous calcium arsenate, and carbonates may be present in the solid phase (Table 4). The
formation of Ca3(AsO4)2·4H2O; occurs by many technological schemes in mining plants, although it is
a toxic compound for humans [64,65].

214



Minerals 2020, 10, 867

Table 4. Model quantity of precipitated minerals, mg (numerical simulation for Ca(OH)2 experiments).

Precipitant

Formula Mass of Minerals

Mass of Ca(OH)2(s), g 2.1 10.4 20.4 40.4 50.4 60.4

S/R ratio 480 96 49 25 20 17

Tenorite CuO 40
Hausmannite Mn2+Mn3+

2O4 19
Zincite ZnO 170

Gibbsite Al(OH)3 1400 96
Portlandite Ca(OH)2 35,000

Brucite Mg(OH)2 1007
Fe(OH)3(am) 4500 6500 2300

Calcite CaCO3 21,000 1790
Dolomite CaMg(CO3)2 3000 93
Cerussite PbCO3 7.9

Rhodochrosite MnCO3 23 7
Alunite KAl3(SO4)2(OH)6 60
Gypsum CaSO4·2H2O 6030 20,200 14,400 1780
Anglesite PbSO4 6.6 6.7

Apatite-OH Ca5(PO4)3(OH) 170 10
Ca3(AsO4)2·4aq 3310 150 620

Shultenite PbHAsO4 11
Austinite CaZnAsO4(OH) 500 63

Conichalcite CaCuAsO4 120
Ettringite Ca6Al2(SO4)3(OH)12·26H2O 12,100

However, due to the precipitation of Ca3(AsO4)2·4H2O, the arsenic concentration equals 0.14 g/L.
At the last step of the experiment (pH 12.2, Eh −116 mV), ettringite (an indicator of alkaline solutions
and a product of concrete corrosion) and (hydr)oxides (tenorite CuO, hausmannite Mn2+Mn3+

2O4,
zincite ZnO) appear. Indeed, the model solution becomes richer in Fe, Cu, and Ca, but does not become
richer in arsenic. The increase in the arsenic concentrations at the end of the experiment is because the
stability of iron hydroxocomplexes increases at pH 12.2; here, its solid phases dissolve, which releases
trace elements into the solution. In the air, calcium arsenate is converted to carbonate, with the release
of arsenic into the solution, according to the following reaction (Equation (4)):

Ca3(AsO4)2·4H2O + CO3
2− = CaCO3 +2CaAsO4

− +4H2O (4)

Portlandite and Brusite were not detected by the microscopy. Not all phases can be taken into
account in the model, due to the lack of thermodynamic data. That is why, instead of complex
sulfate-arsenate phases, simple hydroxides such as Ca(OH)2 could appear under alkaline conditions.
Some supersaturation of the solution in respect to portlandite cannot be ruled out upon its final addition.

Arsenic species in solutions change with increasing pH and mineralization (EC). In the first
stages of the experiment, the majority of arsenic in the solution was in the form of positively charged
complexes with iron FeH2AsO4

+, FeHAsO4
+ and FeH2AsO4

2+ and arsenic acid H3AsO4 (Figure S1).
With a decrease in the S/R ratio to 49, due to the binding of iron in Fe(OH)3(am), H2AsO4

− becomes
a major species, with a meaningful proportion of arsenate complexes with the metals MgH2AsO4

+,
CaH2AsO4

+ and AlHAsO4
+. At the next steps of the numerical simulation, at subalkaline and alkaline

pH values, arsenic is in the form of a neutral complex of CaHAsO4 and anionic CaAsO4
−, which

remains the only compound of arsenic in solution, at a concentration ~0.1 mg/L. Iron also has a variety
of species. In acidic solutions, Fe2+ (0.01 mole/L), sulfate and arsenite complexes (FeH2AsO4

+) are
the predominant species, with a meaningful proportion of arsenate complexes. At pH 7.79 and 12.22,
hydroxocomplexes (Fe(OH)4

−) are the predominant species. The study of the elemental species is
important from a scientific (cycle of elements in the biosphere) and practical (technology) perspective.
This phenomenon can be traced back to the example of As in the S/R ratio, changing from 25 through 20
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to 17. In the first case (S/R = 25), the proportion of the As complexes is low, solutions are supersaturated
with respect to minerals and 3310 mg of precipitate are formed (supersaturation is calculated through
the product of the uncomplexed ions activity). In the second case (S/R = 20), the proportion of As
complexes is almost 50%, and only 150 mg of precipitate are formed; in addition, at S/R = 17, despite
the fact that AsO4

3− < 1%, 620 mg of Ca3(AsO4)2·4H2O is precipitated because it is no longer gypsum,
and ettringite controls a higher concentration of Ca in the solution (Figure 3).

3.2. Redox Experiment with Na2S

It is known that sulfur, in the form of sulfide, forms low soluble compounds with heavy metals
under reducing conditions [66]. Therefore, in nature, there are massive deposits of hypogenic sulfides
and sulfides of the secondary enrichment zone. The highest activity, due to the significant content of
sulfur in the form of sulfide, has sodium sulfide (Na2S), which yields strongly alkaline solutions. In
the experiment with Na2S, the acidity of the solutions decreased, due to a slightly different scheme
(Figure 5).

Figure 5. Changes in the physicochemical conditions and EC during the experiment with Na2S. S/R
ratio decreased as follows: 1—5000; 2—2500; 3—714; 4—417; 5—294; 6—227; 7—156; 8—119; 9—96;
10—69; 11—54; 12—38; 13—24.

Initially, at high S/R ratios, the increase in pH was insignificant (0.5 units), which was similar in the
experiment with Ca(OH)2. Moreover, for an identical decrease in acidity, three times less reagent was
required than in the experiment with Ca(OH)2 (pH 2.9 requires 6.4 g of Na2S and 20.4 g of Ca(OH)2).
With S/R = 24–25, the pH value in the experiment with Na2S was 7.29, and in the experiment with
Ca(OH)2, it was only 5.17.

It is reasonable that the redox conditions of the solutions changed more significantly, and at the
end of the experiment (S/R = 24), Eh was −244 mV, which corresponds to the reducing environment at
pH 7.29. The fundamental difference from the experiment with Ca(OH)2 is a change in EC. Due to an
increase in the Na concentrations (up to 7.4 g/L), the EC increased. Unlike calcium, Na was deposited
in minimal amounts at the last steps of the experiment. The Na concentration, starting from S/R = 700,
exceeds the MPC; additionally, at the end of the experiment, the excess concentration was 60 times
higher, which is certainly an unfavorable result. The iron concentration during the experiment began
to decrease under acidic conditions (S/R = 227, pH 2.69) and then gradually decreased as the conditions
changed to S/R = 38 and pH 5.32 (Figure 5).

In the next step of the experiment (S/R = 24, pH 7.29), the Fe content decreased sharply (from
3410 to 9 mg/L), accompanied by a decrease in Eh to 244 mV. The behavior of Al(III), affected only
by pH, was similar. A significant decrease in the Al concentrations (to 278 mg/L, almost two-fold)
began with the ratio S/R = 69 and pH 4.41. It is noteworthy that arsenic precipitates from the solution,
even at higher ratios (S/R = 119, pH 3.25) and under oxidizing conditions (Eh = 587 mV). Thus, the
behavior of As is affected by the Eh value, pH value and sulfide sulfur concentration. In addition, at
the subsequent steps of the experiment, As concentrations fluctuated and reached a minimum (0.78
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mg/L) at S/R = 38 and pH 5.32. The experiment was terminated because it had already reached pH
7.22, and arsenic was released back to the solution at concentrations up to 113 mg/L. We assume that,
due to reducing conditions, bound As(V) began to release into the solution in the form of HAsO3

2−,
which is the highly toxic acid of As(III). Antimonous acid is its analog (green and red lines, Figure 6).

Figure 6. Changes in the elemental concentrations during the experiment with Na2S.

A decrease in the concentrations of Pb and Cu also began under acidic conditions S/R = 119
and pH 3.25, but the Zn concentration decreased in the next step of the experiment at pH 3.61. The
minimum metal concentrations were achieved under slightly acidic conditions (pH 4.87), and then the
concentrations began to increase.

The precipitate formed in the experiment was a dark gray, almost black substance; after drying, it
was a fine-grained mass. According to XRD analysis, sulfides, sulfates and arsenates formed as a result
of the solution reduction (Table 5).

Table 5. Mineral composition of the precipitates after the experiment with Na2S (XRD analysis).

Major Minor Trace

Pyrite FeS2 Thenardite Na2SO4 Uzonite As4S5

Amorphous
phase Fe(OH)3

Scorodite FeAsO4·2H2O Basaluminite Al4[(OH)10SO4]·3.3–5H2O

Tennantite Cu12As4S13 Mirabilite Na2SO4·10H2O

Chalcophyllite
Cu18Al2

(AsO4)4(SO4)3
(OH)24·36H2O

- Zn2As2O7

- As2S5

Gypsum CaSO4·2H2O - (Fe,Zn,Cu)SO4·H2O
Sulfur S

Pyrite, gypsum, native sulfur, and amorphous Fe-phases are the main phases. The following
phases were determined in minor amounts: thenardite, scorodite, tennantite, chalcophyllite; in addition,
the following phases were determined in trace amounts: uzonite, basaluminite, mirabilite, As-phases,
and Fe, Cu and Zn sulfate (solid solution). We do not exclude the possibility of the formation of soluble
Na salts thenardite and mirabilite from residual solutions during the drying of the precipitates.

Using electron microscopy, crystals of native sulfur, gypsum (Figure 7a), Fe and Na sulfates
with impurities of As and Zn (Figure 7a–c), thenardite (Figure 7b), pyrite veins and borders with an
admixture of As were found.
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Figure 7. Scanning electron microscopy images of the precipitates after the experiments with Na2S: (a)
crystals of native sulfur in the mass of sulfates; (b) fine-grained intergrowths of sulfates; (c) veins and
borders of pyrite in the mass of sulfates.

Numerical Simulation for the Na2S Experiment

Thermodynamic modeling was carried out according to the same scheme as for the Ca(OH)2

experiment: titration of the sulfate Fe-As solution with Na2S. After adding 0.2 g of Na2S, the solution
was supersaturated with respect to silica, Fe(OH)3(am), gypsum, and anglesite, and this condition
determined the beginning of a decrease in the concentrations of elements, such as Si, Fe, Ca, and Pb.
Here, at pH 2.3 (10.4 g Na2S, S/R = 96), symplesite Fe(II)

3(AsO4)2·8H2O begins to precipitate (Table 6).

Table 6. Model quantity of precipitated minerals, mg (numerical simulation for Na2S experiments).

Mineral

Formula Mass of Mineral

Mass of Na2S(s), g 0.2 10.4 14.4 18.4 26.4 42.4

S/R ratio 5000 96 69 54 38 24

Silica SiO2 51
Pyrite FeS2 6421 9029

Galenite PbS 7.4
Sphalerite ZnS 204 4.9
Chalcocite Cu2S 40

Chalcopyrite CuFeS2 92
Argentite Ag2S 0.01
Gibbsite Al(OH)3 466 934 37

Fe(OH)3(am) 2570 7508
Alunite KAl3(SO4)2(OH)6 66
Gypsum CaSO4·2H2O 162 530 26
Anglesite PbSO4 7

Apatite-OH Ca5(PO4)3(OH) 114 67 2.8
Kaolinite Al2(Si2O5)(OH)4 81

Symplesite Fe2+
3(AsO4)2·8H2O 4610 362 140 120 100

The binding of arsenic to symplesite explains the sharp decrease in the arsenic concentrations in
the numerical simulation from 1300 to 35.8 mg/L, and the decrease in iron concentrations to 668 mg/L.
The process can be described by the reaction as follows (Equation (5)):

Na2S + 3Fe(SO4)0 + 2AsO4
3− + 12H2O = Fe(II)

3(AsO4)2·8H2O + 4SO4
2− + 2Na+ + 4H2(gas) (5)

We did not see any symplesite Fe2+
3(AsO4)2·8H2O in our experimental solids. Instead, a mixture

of Fe(OH)3 + Scorodite FeAsO4·2H2O + Chalcophyllite Cu18Al2(AsO4)4(SO4)3(OH)24·36H2O was
discovered (Table 5). Nevertheless, the precipitation of symplesite at S/R ~100, and then its gradual
dissolution, correctly described the variation of As and Fe in according experimental solutions.
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Because of the active binding and precipitation of a large amount of As, in the next steps of the
modeling, the amount of formed simplesite sharply decreases due to the formation of pyrite, which
can be seen in Table 6. The negative result is high sulfate ion concentrations in solution, which is
clearly indicated by the calculations. To precipitate the sulfate ion at this stage, Ca(OH)2 should
probably be added (using a combined scheme), which would lead to the formation of gypsum. Of the
metal sulfides, chalcocite (Cu2S) first appeared, which in nature marks the zone of secondary sulfide
enrichment, and this explains the decrease in the concentration of Cu from 32 to 1.3 mg/L (at 25 times).
A subsequent decrease in the Cu concentrations is also determined by the formation of chalcocite to pH
~5.0. In parallel with Cu sulfide, sulfates, such as gypsum, alunite, gibbsite, and kaolinite, are formed.
Then, during the transition from weakly oxidizing to reducing conditions, sulfides, such as pyrite,
chalcopyrite, sphalerite, galena, and argentite, begin to form in neutral and subalkaline conditions.
Arsenopyrite was not recorded in the calculations.

The change in the As species in an acidic solution is similar to the experiment with Ca(OH)2. At
high S/R ratios, iron arsenate cationic complexes, FeH2AsO4

+, FeHAsO4
+, FeH2AsO4

2+, and arsenic
acid H3AsO4, are the predominant species of As (Figure S2). Arsenate complexes with Al (AlHAsO4

+)
and Mg (MgH2AsO4

+) were formed in a significantly smaller amount. Starting with the S/R = 69, the
differences in the experiment with Ca(OH)2 are dramatic, since there is no Ca in the solution; i.e., Ca
completely precipitated (gypsum and then apatite). Arsenic in solution is present in the form of highly
toxic arsenic acid H3As(III)O3. In this case, in the model solutions, a clear increase in the As content is
observed, which agrees with the experimental results.

3.3. Neutralization Experiment with NaOH

During the experiment with NaOH, the pH values gradually increased to pH = 2.94 (S/R = 156).
Subsequently, at S/R = 119, the pH value increased by almost 1 unit (pH 3.86), and then the pH value
further increased at each step by 1–1.5 units (Figure 8).

Figure 8. Changes in the physicochemical conditions and EC during the experiment with NaOH. S/R
ratio decreased as follows: 1—5000; 2—2500; 3—714; 4—417; 5—294; 6—227; 7—156; 8—119; 9—96;
10—81; 11—69; 12—61.

The EC due to the release of sodium into the solution remained stable only in the first four steps.
When the S/R ratio was decreased, the EC sharply increased. The redox potential began to change
markedly when the medium became near-neutral, and then, in the alkaline region, the conditions
changed to reducing conditions.

The concentration of Fe decreased by four times with the increase in pH from 2.94 to 3.86, and
then continued to decrease until alkaline conditions were established (Figure 9).
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Figure 9. Changes in the element concentrations during the experiment with NaOH.

The Al concentration began to decrease one step later, with a change in pH from 3.86 to 5.29;
however, the decrease was sharper than for the iron. In addition, the pH range of its minimum values
was even narrower: in an alkaline environment, aluminum actively began releasing into the solution.
The behavior of As, Sb and Bi was similar. The minimum As concentration (0.13–0.11 mg/L) was
reached in the neutral-slightly alkaline conditions, and As increased sharply (up to 310 mg/L) at pH =
11.45.

Metals (Zn, Cu, and Pb) began to precipitate in neutral conditions; however, as expected under
alkaline conditions, they were released into solution. Similar to the experiment with Na2S, the Na
concentration increased linearly during the experiment, and at S/R = 700, the Na concentration was
4.5 times higher than that of the MPC. By the end of the experiment, Na was almost 2 orders of
magnitude higher than that of the MPC. The precipitate mainly consists of thenardite, gypsum, and
iron hydroxides (Table 7, Figure 10a–c). Calcite, chalcophyllite, scorodite, kaatialaite, and untitled
phases (Na and Al sulfate and Mg hydroxo arsenate) were identified as impure minerals.

In the electron microscopy study, As was revealed in the amorphous Fe-phase together with an
admixture of Cu (Figure 10a). Impurities of Cu, Zn, Al, and As were revealed in small inclusions of
Fe-sulfate in thenardite (Figure 10b). Perhaps these inclusions are the smallest grains of As minerals
identified by XRD, and the impurities in them are due to matrix capture. The grains of calcite are
surrounded by the druse of tenardite (Figure 10c).

Table 7. Mineral composition of the precipitates after the experiment with NaOH (XRD analysis).

Major Minor Trace

Thenardite Na2SO4 Calcite CaCO3 Kaatialaite FeAs3O9·8H2O

Gypsum CaSO4·2H2O Chalcophyllite Cu18Al2(AsO4)4(SO4)3(OH)24
36H2O Scorodite FeAsO4·2H2O

Amorphous
phase Fe(OH)3 Na3Al(SO4)3

Mg(H2AsO4)2
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Figure 10. Scanning electron microscopy images of the precipitates after the experiments with NaOH:
(a) colloforms of Fe minerals containing As (up to 3.2%) and Cu (0.34%); (b) fine-grained inclusions of
Fe-minerals (presumably scorodite) in thenardite, with impurities of Cu (up to 0.4%), Zn (up to 0.53%),
and Al (up to 1.6%); (c) calcite grains in a druse of thenardite.

Numerical Simulation for the NaOH Experiment

The acidic solutions are supersaturated with respect to silica, Fe(OH)3(am), gypsum, anglesite and
simplesite Fe3(AsO4)2·8H2O (Table 8). The neutralization processes are faster than in the experiment
with Ca(OH)2. It was possible to achieve a pH = 5.29 with the addition of only 10.4 g of NaOH. At this
moment (Eh 0.44), gibbsite, alunite, and apatite were precipitated, and conichalcite CaCuAsO4(OH)
(Table 8) were formed instead of symplesite and shultenite. At pH 9.8 and 11.6, the removal of As was
associated with the formation of calcium arsenate, which was mixed with illite, apatite, and goethite.
Therefore, the formation of native copper and austenite CaZnAsO4(OH) is possible.

Table 8. Model quantity of the precipitated minerals, mg (numerical simulation for NaOH experiments).

Minerals Formula Mass of Mineral

Mass of NaOHs, g 0.4 3.4 10.4 12.4 14.4 16.4

S/R Ratio 2500 294 96 81 69 61

Copper Cu 32
Silica SiO2 51

Chalcocite Cu2S 40
Gibbsite Al(OH)3 1450 49
Brucite Mg(OH)2 187 816

Fe(OH)3(am) 11,000 1304 1055 27
Dolomite CaMg(CO3)2 870

Rhodochrosite MnCO3 11 25 2
Alunite KAl3(SO4)2(OH)6 61
Gypsum CaSO4·2H2O 2130 323
Anglesite PbSO4 7

Apatite-OH Ca5(PO4)3(OH) 163 21
Illite K0.65Al2.0[Al0.65Si3.35O10](OH)2 94

Ca3(AsO4)2·4aq 1450 250
Shultenite PbHAsO4 11
Austinite CaZnAsO4(OH) 420 140

Conichalcite CaCuAsO4 122
Symplesite Fe2+

3(AsO4)2·8H2O 1900 1100 1200
Pb(OH)2 7

At the beginning of the experiment, the As species in solution are the same, namely, iron
arsenate complexes with a small proportion of magnesium and aluminum complexes, but arsenic
acid predominates (H3AsO4 and H2AsO4

−, Figure S3). When the S/R = 96, the As concentration
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sharply decreases, and the proportion of arsenic complexes with metals also decreased. In general,
for the experiment with NaOH, the As complexes with metals are not characteristic in the solution,
due to the sharp decrease in the iron concentration in the solution at high S/R ratio, which will be
discussed subsequently. HAsO4

2− and AsO4
3− are the predominant species, with a small proportion

of calcium arsenate.
So, in experimental settings, abundant Cu, Al, Fe, Mg arsenates precipitation can occur compared to

model mineral phases via pH increase Fe arsenate symplesite→ Ca, Cu, Zn, Pb arsenates (Conichalcite,
Shultenite Austinite)→ Ca arsenate Ca3(AsO4)2·4H2O. HCh modeling, together with experimental
results, indicate that Ca in these solutions is very low due to the low solubility of its arsenates. Most
likely, that native copper, quartz, as well as illite require higher reaction time in order to precipitate in
the experiment.

4. Discussion

For a comparative assessment of the effectiveness of the reagents used, the changes in the different
parameters are summarized in the corresponding diagrams (Figures S4 and S5). A decrease in the
acidity of the solution (increasing pH values) most rapidly occurred in the experiment with NaOH,
and the slightly acidic conditions (pH 5.29) were recorded at S/R = 96 (10.4 g of reagent was added).
The same pH value (5.32) in the experiment with Na2S was reached at S/R = 38 (26.4 g was added); in
addition, in the experiment with Ca(OH)2, a pH of 5.17 was reached only after adding 40.4 g (S/R = 25).

In experiments with NaOH and Na2S, the mineralization of the solution increased with the
decrease in the S/R ratio, due to an increase in the Na concentration. Sodium precipitation in the form
of thenardite and mirabilite did not have a significant effect on its concentration in the solution, due
to the high solubility of thenardite and mirabilite. However, in the experiment with Ca(OH)2, the
mineralization decreased with increasing pH, due to the formation of a large amount of gypsum in the
first stages, and then due to the formation of calcite. The element deposition also occurred differently.
The most effective deposition of Fe, As, and Zn occurred in the experiment with NaOH and began
at earlier stages. However, in the experiment with NaOH, the release of arsenic to 310 mg/L into
the solution was observed at earlier stages compared with the other experiments, and this release
negated the effectiveness of this reagent. An increase in the As concentrations occurred in the other
two experiments, up to 2.6 mg/L in the experiments with Ca(OH)2, and up to 113 mg/L in experiments
with Na2S. Note that Cu began to precipitate earlier in the experiment with Na2S, which was facilitated
by the formation of a chalcocite suspension.

These processes can be explained by the thermodynamic calculation of the amounts and mineral
compositions of the suspension formed during the experiments at different S/R ratios. As a result
of the interaction of the solution with Ca(OH)2, gypsum and Fe(OH)3(am) are already formed, even
at high S/R ratios. Only at S/R = 49 do small amounts of schultenite and conichalcite begin to form,
which leads to the removal of 40 mg of arsenic from the solution in the form of As phases. At the same
stage (S/R = 49), gibbsite and alunite are formed. In a field experiment with S/R = 49, 760 mg of arsenic
was removed from the solution, which we associated with sorption on the surface of amorphous
Fe-hydroxides (Figure S6). The effective purification of As-containing solutions using iron sulfate (the
formation of amorphous iron hydroxides) has been known for a long time and is widely used [67].

The most significant binding and As removal occurred when the solution was at saturation with
respect to the Ca3(AsO4)2·4H2O. When the S/R ratio was 25, 990 mg of As precipitated according to
the numerical simulation results. In the field experiment, it was at this stage (S/R = 25) that a sharp
decrease in As concentrations from 320 to 0.14 mg/L was also recorded.

Unlike Ca(OH)2, the Na2S at much earlier stages caused the binding of arsenic in the form of
symplesite, which began to form under acidic conditions at S/R = 96 (Figure S7). At this stage, the
formation of its highest amount took place; in the subsequent steps of the experiment, symplesite
remained the only As mineral. However, if the As-containing phases were formed up to the very end
in the experiment with Ca(OH)2, then the formation of symplesite in the experiment with Na2S was
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reduced up to the end of the experiment. Perhaps this formation of As-containing phases, in addition
to desorption from iron hydroxides, explains the sharp increase in the As concentrations at the end of
the experiment with Na2S.

The formation of As-containing pyrite in the last stages of the experiment with Na2S under
alkaline conditions led to a decrease in the Fe concentration (Figure 6).

From the first steps of the experiment with NaOH, due to the neutralization process, a large
suspension quantity was formed, mainly Fe(OH)3(am) and symplesite, which immediately removed
240 mg of arsenic (Figure S8). In the subsequent stages, As minerals were formed in greater or lesser
amounts. Moreover, if there was only symplesite at the first two steps of the experiments with NaOH,
then in the future steps, conichalcite and schultenite were formed, and then again, the symplesite
was in a mixture with austenite; at the final stages, the Ca3(AsO4)2·4H2O phase appeared, which led
to a sharp decrease in the As concentration. However, although the As-containing minerals in this
experiment could be formed until the end of the process, As leaching in the alkaline solutions was also
observed, due to desorption and dissolution.

NaOH is the most effective compound for the deposition of As and Fe: the pH value increased to
11.45 at S/R = 60. To achieve the neutral pH value of the solution, it was necessary to add approximately
10 g of NaOH, 30 g of Na2S, and 50 g of Ca(OH)2. It is advisable to use NaOH in the first stage of
the technological treatment. The removal of 99.9% arsenic and other elements from the solution was
achieved in a narrow pH range for experiments with all three reagents. When using Ca(OH)2, the best
result is obtained at S/R ~20; in the experiment with Na2S, this S/R ratio can be ~55–50; and with NaOH,
the best result is obtained at S/R ~100–80. In the experiments with Ca(OH)2 and NaOH, the minimum
As concentrations were 0.14–0.15 mg/L and 0.13–0.11 mg/L, respectively. This result required 40–50 g
Ca(OH)2 and 10–12 g NaOH. In the experiment with Na2S, the minimum As concentration was 0.78
mg/L, which is a high value even for technological effluents. In this case, the presence of Fe has a
negative effect. Since Fe is the first element to be reduced in the solution, a competing reaction of iron
sulfide formation occurs. For the precipitation of Zn and Cu, Ca(OH)2 was the most effective reagent;
the minimum concentrations of Zn and Cu were 0.021 mg/L and 0.009 mg/L, respectively. Lead was
best removed in the experiment with NaOH. A serious drawback of the use of Na2S and NaOH is the
high Na mobility. At the end of the experiment with Na2S, the excess concentration of Na was 60 times
higher than the MPC for Na; additionally, in the experiment with NaOH, it was almost two orders of
magnitude higher than the MPC for Na.

The correlation analysis of As bonds with other elements in the solution after the interaction with
Ca(OH)2, Na2S, and NaOH and deposition of solid phases was performed (Table 9). High positive
correlation coefficients were revealed between arsenic and metals (Cu, Zn, Pb, Cd, Cr, Ni, Ag, V, Mo,
Sn, In) and metalloids (Sb, Bi, P) when interacting with all reagents. This means similar behavior of
these components in all three experiments and deposition of solid phases of complex composition: 1)
arsenates, sulfo- and hydroxo-arsenates, oxides of Ca, Mg, Fe, Zn, Cu, and Pb; 2) colloidal hydroxides
of Fe, Mn, and Al with metals and As sorbed on their surface; 3) compounds of unknown composition
that do not occur in nature.

Positive correlation between As and Ca, Mg, Al, Fe, Zn, Cu, and Pb in solutions after interaction
with Ca(OH)2 is explained by the formation of arsenates, sulfo- and hydroxo-arsenates and other
compounds confirmed by thermodynamic modeling and found in sediments using XRD analysis:
Ca3(AsO4)2·4aq, Fe-Ca minerals containing As, arsenosiderite Ca3Fe4(AsO4)(OH)6·3H2O austinite,
conichalcite, shultenite (Tables 3 and 4, Figure 8). The positive correlations of As with Fe, Zn, Cu
in the experiment with Na2S are due to the formation of symplesite, scorodite, Fe-Na sulfates with
As and Zn, pyrite with As, chalcophyllite, tennantite, and Zn2As2O7 (Tables 5 and 6, Figure 9).
Positive correlations of As and Ca, Mg, Pb, Zn, Cu, and Fe, in the experiment with NaOH, are
associated with the formation of Ca3(AsO4)2·4aq, Mg(H2AsO4)2, shultenite PbHAsO4, austinite
CaZnAsO4(OH), conichalcite CaCuAsO4, symplesite Fe2+

3(AsO4)2·8H2O, scorodite FeAsO4·2H2O,
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chalcophyllite Cu18Al2(AsO4)4(SO4)3(OH)24·36H2O, and kaatialaite FeAs3O9·8H2O (Tables 7 and 8,
Figure 10).

Table 9. Values of correlation coefficients between As and elements in solution during the experiments
with Ca(OH)2, Na2S and NaOH. Bold indicates values above which the correlation is statistically
significant, with a probability of 99%.

Ca Mg Na K Al Fe Mn Cr Co Ni Cu Zn

Ca(OH)2 −0.29 0.81 0.43 0.26 0.94 0.98 0.86 0.98 0.90 0.89 0.94 0.92
Na2S 0.64 0.62 −0.72 −0.17 0.69 0.72 0.45 0.87 0.65 0.83 0.98 0.86

NaOH 0.49 0.62 −0.76 0.43 0.90 0.96 0.72 0.96 0.78 0.51 0.86 0.84

Pb Cd Ba Rb Sr Sb Bi P V Sn In Ag

Ca(OH)2 0.99 0.95 0.83 0.00 0.32 0.98 0.97 0.98 0.98 0.97 0.96 0.97
Na2S 0.98 0.93 −0.02 0.39 0.54 0.92 0.95 1.00 0.87 0.99 0.91 0.82

NaOH 0.98 0.81 0.63 0.59 0.72 0.96 0.97 0.99 0.97 0.98 0.95 0.99

The deposition of arsenic due to sorption on colloidal hydroxide iron (III), manganese (IV) and
aluminum (III) compounds when the pH shifts to the alkaline values in experiments with Ca(OH)2

and NaOH is indicated by positive significant correlations of the contents of As and Al, Fe, and Mn
(r = 0.8/0.9). Above, we showed the formation of colloforms of Fe minerals containing As (up to
3.2%) and Cu (0.34%) after the interaction with NaOH (Figure 10) and colloform mixture of gypsum,
goethite, and hydroxosulfates of Al, Mg, and Fe, with ultrafine inclusions of As-containing grains
after the interaction with Ca(OH)2 using scanning electron microscopy (SEM analysis) (Figure 4).
When forming a suspension, not only those phases that were found in precipitation and determined
by the thermodynamic modelling, but also multicomponent compounds, which, possibly, have no
analogues in nature, including Cr, Ni, Bi, In, V, Mo, Sn, and Ag. The co-precipitation of many elements
must be taken into account when developing practical recommendations for the subsequent use of
the precipitate.

On the whole, the use of NaOH is advisable in the first steps of the solution neutralization, and
the further precipitation of metals and metalloids should be carried out using Ca(OH)2.

5. Conclusions

1. A case study for both acidic solutions neutralization and metal precipitation from highly
mineralized solutions was conducted in situ experiments. This study was developed in order
to evaluate feasibility and duration prior to the performance of full-scale research and applied
projects to remove dissolved arsenic (approximately 80–120 kg) from the brown ponds, on the
surface of long-stored tailings.

2. Neutralization of acidic multicomponent solutions of reservoirs on the Berikul tailings is most
effective by NaOH (caustic soda) in comparison with Ca(OH)2 and Na2S. Due to its advantages,
at a solution/reagent ratio of ~100, pH increased to 5.3, but using Na2S to 3.6, and with Ca(OH)2

only to 2.6. Arsenic compounds (symplesite) began to form and precipitate in the first steps of the
NaOH experiment, which led to its efficient removal from solution. However, its disadvantage is
a higher As concentration at pH 11.45 of 310 mg/L.

3. In terms of efficiency, Ca(OH)2 exhibits the smallest pH-buffer ability, but generates the greatest
bulk sediments (100 g), which is due to gypsum and carbonate precipitation. In the grains of
gypsum and other Fe-Ca minerals, ultrafine inclusions of the As-containing phases, hypothetically,
arsenosiderite and Ca3(AsO4)2·4H2O, were detected. Calcium hydroxide is the preferred method
of most facilities due to its low cost. Sodium sulfide Na2S treatment seems more advantageous
than lime, because it can precipitate arsenic faster than the other chemicals at pH = 3.6, due to
the sedimentation of simplesite. However, minimum arsenic content in solution was 0.78 mg/L,
which is significantly higher than that in the experiments with Ca(OH)2 and NaOH.
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4. The obtained findings are quite important, since they allow us to recommend the use of NaOH
in the first stages for full-scale experiments in combination with Na2S and then, starting with
the S/R = 100, replace them with Ca(OH)2. None of the reagents alone work well for these acid
multicomponent solutions.
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resulting suspensions in the experiment with NaOH.
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Abstract: There are about 100 sites of acid mine drainage (AMD) from abandoned/closed mines in
Japan. For their sustainable treatment, future prediction of AMD quantity is crucial. In this study,
AMD quantity was predicted for two closed mines in Japan based on a series tank model in three
stages. The tank model parameters were determined from the relationship between the observed
AMD quantity and the inflow of rainfall and snowmelt by using the Kalman filter and particle swarm
optimization methods. The Automated Meteorological Data Acquisition System (AMeDAS) data of
rainfall were corrected for elevation and by the statistical daily fluctuation model. The snowmelt was
estimated from the AMeDAS data of rainfall, temperature, and sunshine duration by using mass and
heat balance of snow. Fitting with one year of daily data was sufficient to obtain the AMD quantity
model. Future AMD quantity was predicted by the constructed model using the forecast data of
rainfall and temperature proposed by the Max Planck Institute–Earth System Model (MPI–ESM),
based on the Intergovernmental Panel on Climate Change (IPCC) representative concentration
pathway (RCP) 2.6 and RCP8.5 scenarios. The results showed that global warming causes an increase
in the quantity and fluctuation of AMD, especially for large reservoirs and residence time of AMD.
There is a concern that for mines with large AMD quantities, AMD treatment will be unstable due to
future global warming.

Keywords: acid mine drainage; life cycle simulation; global warming; earth system model;
RCP2.6; RCP8.5

1. Introduction

Japan has more than 5000 abandoned/closed mines, and about 100 of their sites produce acid
mine drainage (AMD) due to the presence of sulfide mineralization [1]. The general treatment for
AMD is neutralization and sedimentation by addition of a neutralizer, such as lime, calcium carbonate,
and sodium hydroxide [2], and solid/liquid separation [3] of the produced sludge from the neutralized
effluents. In these treatments, all toxic elements are concentrated into the sludge by precipitation [4–6]
and adsorption [7–12], and the sludge is controlled in a tailing pond at a mine site or final disposal site.
For these last several decades, AMD has been treated properly in Japan and has not caused severe
pollution. However, since our results of the statistical calculation (details are shown below) suggested
that some mines have required AMD treatment for over 150 years [13,14] and other groups suggested
that more than 1000 years of treatment will be necessary [15] in the current situation, more sustainable
treatment to reduce both AMD generation [16,17] and treatment cost [18] is needed. To reduce the
treatment cost of the addition of chemicals and of sludge generation, for example, a passive treatment
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that utilizes the natural environment of mines, such as topography, plants, and microorganisms,
has attracted attention as a sustainable AMD treatment based on new concepts [19–21]. Several
researchers are trying to successfully reuse this sludge as an industrial material [22,23].

Unlike industrial wastewater, AMD quantity and quality differ significantly in mines due to
regional, geological, mineralogical, and biological factors. Therefore, it is necessary to customize an
appropriate treatment for each mine. To select an optimal treatment method from the various treatment
technologies, including those based on both active and passive concepts, an accurate understanding of
the current potential for AMD generation [24,25] and the future forecast of AMD quantity and quality
are essential.

The objective of this study was to determine a forecast for AMD quantity. To accomplish this,
we constructed a model that reproduces the current AMD quantity using previous monitoring data of
AMD, and then extrapolated it to the future. To reproduce AMD quantity, there are two ways: one is a
hydraulic simulation [26–31] and the other is a tank model. A hydraulic simulation provides detailed
information on the origin and distribution of AMD and can be a powerful tool for discussing AMD
generation countermeasures, but it requires, in addition to meteorological data, detailed geological,
mineralogical, and hydraulic data, which are generally difficult to obtain, especially for abandoned
and closed mines. On the other hand, a tank model is a blackbox to determine the relationship between
inflow and outflow, but just inflow data of rainfall and snowmelt and outflow of AMD quantity are
sufficient for the model [32,33]. In this study, the tank model was selected for AMD quantity modeling,
and rainfall and snowmelt were used as inflow. The rainfall data were corrected for elevation and
adjusted using the statistical daily fluctuation model to suit each AMD site. Snowmelt was also
estimated from rainfall by considering mass and heat balance by using temperature and sunshine
duration data. We did not select a hydraulic simulation but chose a statistical model because our target
mines are closed and it was difficult to obtain detailed monitoring, geological, and hydraulic data for
this study.

For the AMD quality model, we previously reported the geochemical calculation with first-order
elution kinetics of sulfide minerals [13,14]. In the model, sulfides that should be the source of AMD
were selected from the quality data, and their first-order elution rate and initial AMD generation
potential were estimated by fitting to the time change of their elution amount obtained from the AMD
quantity and quality data. The AMD quality could be estimated by the coupling of the kinetics for
sulfide elution and oxidation, and the geochemical code for the chemical equilibrium calculation of
precipitation and adsorption [34–37]. This means that accurate estimation of AMD quantity is crucial
for the AMD quality model.

In this study, the AMD quantity model was constructed using two case studies of underground
mines: a closed sulfur mine (Mine A) and a closed black-ore copper, lead, and zinc mine (Mine B).
Mine A has a large quantity of AMD, averaging 18 m3 min−1 with a small fluctuation, which is opposite
to that from Mine B (1.5 m3 min−1). From these case studies, the parameters of the model were
estimated and the future AMD quantity for the next few decades was predicted using forecast data
for rainfall and temperature based on the MPI–SEM (Max Planck Institute–Earth System Model) [37].
For this, we selected two kinds of global warming scenarios proposed by IPCC (Intergovernmental
Panel on Climate Change): a low-stabilization scenario of RCP (representative concentration pathway)
2.6 and a high-level greenhouse gas emission scenario of RCP 8.5 [37]. We further discuss the effects
of global warming on the forecast of AMD quantity stemming from the closed sulfide mines that
were examined.
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2. Materials and Methods

2.1. AMD Quantity Model

2.1.1. Tank Model

The AMD quantity model was constructed by using a series tank model in three stages, as shown
in Figure 1. The first and second stages correspond to the nonpolluted water reservoir on the surface
and inside the mine, respectively. The third stage corresponds to the polluted water reservoir in the ore
deposit that causes AMD. Inflow, r (mm), is the summation of rainfall, rw, and snowmelt, rs. In each
tank, a part of the inflow is distributed to the outflow (mm h−1), qoi (i = 1, 2, 3), and seepage flow to the
next tank, qsi (i = 1, 2), according to the water reservoir height (mm), xi (i = 1, 2, 3) and outflow height
(mm), bi (i = 1, 2). The water balance in each tank is as follows:

dxi/dt = qsi-1 − qsi − qoi, (i = 1, 2, 3) (1)

where t is time, qs0 = r = rw + rs, and qs3 = 0. The outflow is calculated from:

qoi = aoi (xi − bi), (i = 1, 2, 3) (2)

where aoi (i = 1, 2, 3) is the outflow coefficient and b3 = 0. The seepage flow is also calculated from:

qsi = asi xi, (i = 1, 2) (3)

where asi (i = 1, 2) is the seepage coefficient.

 

−

 

°

−

Figure 1. Schematic of the tank model in three stages used for the acid mine drainage (AMD) quantity
model in this study.

In this study, qo3 corresponded to AMD quantity. The inflow, r, was set using the following
procedure. The Kalman filter and particle swarm optimization methods were used for fitting qo3 to the
observed data of AMD quantity to estimate the xi, bi, asi, and aoi parameters [38].

2.1.2. Correction of Rainfall Data and Judgment of Snowfall

Rainfall data near each mine were derived from AMeDAS (Automated Meteorological Data
Acquisition System) provided by the Japan Meteorological Agency [39]. To suit each mine situation,
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the daily data of rainfall and temperature obtained from AMeDAS were corrected for elevation and
adjusted by using the statistical daily fluctuation model, as shown in Figure 2. Also, snowfall was
estimated according to the corrected temperature, and if the temperature was under 2 ◦C, it was judged
to be snowfall and not rainfall.

 

−

− °
− °

− −

°
°

°

− × − −

Figure 2. Procedural flow to obtain the inflow for the tank model (rainfall and snowmelt) from
the Automated Meteorological Data Acquisition System (AMeDAS) data of rainfall, temperature,
and sunshine duration.

Since the capture rate of rainfall particles by the rain gauge decreases as the wind speed increases,
known as the Jebons effect, Kondo et al. proposed the following statistical correction for daily rainfall
data obtained from AMeDAS [40]:

rw1 = (1.25 + 0.15 cos(w(d − 20)))rw0 (4)

w = 2π/365 (5)

where rw0 (mm) is the raw rainfall data, rw1 (mm) is the corrected rainfall data by the model, d (days)
refers to the days from 1 January. Furthermore, the amount of rainfall near mines depends greatly on
elevation due to rapid updraft and adiabatic expansion, and is corrected as follows [40]:

rw2 = (1 + c(h − h0))rw1 (6)

where rw2 (mm) is the corrected rainfall data by elevation, h (km) is the elevation of mine site, h0 (km)
is the elevation of the AMeDAS observation point, and c is the coefficient (0.001 km−1 for 5 ◦C or less
and 0.00064 km−1 for 5 ◦C or more). AMeDAS data of temperature, T, were also corrected according to
following equation:

T1 = −6(h − h0) + T (7)

where T1 (◦C) is the corrected temperature.
As shown in Figure 2, if the temperature at the mine site was above 2 ◦C, it was assumed that

there was no snowfall and the inflow of rainfall was set as rw2. On the other hand, if the temperature
was below 2 ◦C, the rainfall data, rw2, were judged to be equivalent to snowfall, rf = rw2, and rw2 = 0.
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2.1.3. Estimation of Snowmelt and Snow Cover

Daily snowmelt, rs, and snow cover, rc, were also estimated by following the mass and heat
balance of snow using the AMeDAS data of rainfall, temperature, and sunshine duration, as shown
in Figure 2. If the temperature was below 0 ◦C, no snowmelt was assumed and rs = 0; otherwise,
snowmelt was calculated according to the following procedure.

Snowmelt, rs (mm), was calculated from the ratio of fusion heat, Q (J), and latent heat, L (334 J kg−1),
the catchment area, S (mm2), and the density of water, ρ (9.97 × 10−7 kg mm−3):

rsSρ = Q/L (8)

The fusion heat was calculated from the heat balance of snow exposure as follows:

Q = Q1 + Q2 + Q3 + Q4 + Q5 (9)

where Q1 is the short-wavelength radiation, Q2 is the long-wavelength radiation, Q3 is the sensible heat
transfer, Q4 is the latent heat transfer, and Q5 is the transfer heat due to rainfall. Here, heat changes in
the snow layer and heat transfer from the ground were assumed to be negligible [41].

The short-wavelength radiation was calculated from albedo, r, which is the ratio of reflected
sunshine radiation to sunshine radiation on the earth’s surface and the daily average of solar irradiance,
I (W m−2):

Q1 = (1 − r)I (10)

The average of solar irradiance was the function of the ratio of sunshine duration, N, and
astronomical sunshine duration, N0 [42]:

I/I0 = 0.179 + 0.550N/N0, for 0 ≤ N ≤ N0 (11)

I/I0 = 0.114, for N = 0 (12)

where I0 is the solar irradiance at the top of atmosphere. The values of solar irradiance at the top of the
atmosphere, I0, astronomical sunshine duration, N0, and albedo, r, are available from references [39,43],
and sunshine duration data, N, are available from AMeDAS.

The long-wavelength radiation was the difference between the radiation from the atmosphere, Qa,
and the radiation from the snow surface, Qs:

Q2 = Qa − Qs (13)

Qa = σ(T1 + 273.15)4(0.605 + 0.048e0.5) (14)

Qs = 0.9σ(Ts + 273.15)4 (15)

e = 6.1078 × 107.5T/(T+273.3) (16)

where σ is the Stefan–Boltzmann constant (5.67 × 10−8 W m−2 K−4) and e is amount of saturated water
vapor [44]. The temperature of the snow surface, Ts, was calculated from [45]:

Ts = 1.13T1 − 1.67 (17)

when T1 ≤ 1.47.
The sensible heat was calculated from [46]:

Q3 = K(1 − 0.0065h/(T1 + 273.15+0.0065h))5.257, for T1 ≥ 0, (18)

Q3 = 0, for T1 ≤ 0 (19)
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where K is the transfer coefficient of the sensible heat and the latent heat; 3.5 was proposed for the area
near the mines that were modeled in this case study [46]. The latent heat was calculated from:

Q4 = 1.53K(e − 6.11), for T1 ≥ 7 (20)

Q4 = 0, for T1 ≤ 7 (21)

The transfer heat due to rainfall was calculated from:

Q5 = ρcw(273.15 + T1)rwS (22)

where cw is the specific heat of the water (4.186 J kg−1 K−1).
The snowmelt, rs, calculated from Equations (8) to (22), should be less than the snow cover, rc.

Snow cover was calculated from following summation of daily mass balance:

rc =
∑

rf −
∑

rs (23)

if rs > rc, then snowmelt should be rs = rc.

2.2. Forecast Data of Temperature, Rainfall, and Sunshine Duration

In the above-mentioned AMD quantity and quality models, daily data of rainfall, average
temperature, and sunshine duration obtained from AMeDAS were used for model construction.
Therefore, future forecasts of daily data of rainfall, average temperature, and sunshine duration were
also necessary for the forecast of AMD quantity and quality in the future. For the AMD quality model,
the geochemical calculation with first-order elution kinetics of sulfide minerals was used as mentioned
above; the first-order elution rate and initial AMD generation potential were estimated by fitting to the
time change of their elution amount obtained from the AMD quantity and quality data. The daily
output data of MPI–ESM (Max Planck Institute–Earth System Model), which is an earth system model
proposed by Max Planck Institute, were used in this study. Two kinds of IPCC RCPs for the greenhouse
gas (GHG) concentration scenario were selected: RCP2.6 and RCP8.5. The former is the scenario with
the lowest GHG emission to keep future temperature rise below 2 ◦C, and the latter is the scenario
with the highest GHG emissions.

From the system, daily forecast data of rainfall, average temperature, and maximum and minimum
temperatures were available. The daily forecast of the average of solar irradiance, I, was estimated
from [47]:

I = 0.76I0(1− exp(−A∆T2.2)) (24)

A = 0.036exp(−0.154∆Tave) (25)

where ∆T is the difference between the maximum temperature and the minimum temperature,
and ∆Tave is the monthly average of ∆T.

2.3. Case Studies in Two Closed Mines

In this study, two closed underground mines in the northern part of Japan were selected as a case
study; Mine A has a large quantity of AMD, with small fluctuation of quantity and quality, and Mine
B has a small quantity of AMD, with large fluctuation of quantity and quality. Snow is observed in
winter at both of the closed mines. The locations of the mines are shown in Figure 3, and the AMD
characteristics are shown in Table 1.
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Figure 3. Location of the two closed mines for case study.

Table 1. The AMD characteristics of Mine A and B.

Items
Mine A Mine B Effluent

April 1982 March 2017 April 1972 March 2017 Standard

pH 2.0 2.3 3.2 4.7 5.8–8.6
Fe 547 mg L−1 178 mg L−1 N.D. N.D. 10 mg L−1

As 3.3 mg L−1 0.93 mg L−1 N.D. N.D. 0.01 mg L−1

Cd N.D. N.D. 0.360 mg L−1 0.024 mg L−1 0.03 mg L−1

Zn N.D. N.D. 90.4 mg L−1 14.9 mg L−1 2.0 mg L−1

Pb N.D. N.D. 0.700 mg L−1 0.117 mg L−1 0.1 mg L−1

Q 17.6 m3/min 14.8 m3 min−1 2.50 m3 min−1 0.77 m3 min−1

N.D.: Not detected; Q: Quantity.

In Mine A, native sulfur and pyrite were mined during its operation. The size of the ore deposit
was about 1500 m East–West, about 1500 m North–South, and 25–150 m of thickness, and ore reserves
were about 230 million tons per year. The mine produced about 1 million tons of ore and one-third of
Japan’s sulfur demand, but it closed in 1971 due to the market influence of sulfur recovered from oil
refining. The quantity of AMD is about 18 m3 min−1 on average annually, which is one of the largest
AMD values in Japan [48]. The AMeDAS point is located 11 km east and 825 m below the mine.

In Mine B, copper, lead, and zinc were mined during its operation. The ore deposit was a black ore
type, which has changed from lower to yellow ore, black ore, and quartz band. The mine produced a
maximum of about 25,000 tons per year, but closed in 1985 due to ore depletion. The annual average of
the AMD quantity was 1.72 m3 min−1 in 2017 and increased from 5 to 7 m3 min−1 during the snowmelt
season [49]. The AMeDAS point is located 18 km northwest and 465 m below the mine.

3. Results and Discussion

3.1. AMD Quantity Model Construction

The relation between the input data of AMeDAS rainfall (upper side) and the observed data and
the calculated value of AMD quantity (underside) are shown in Figure 4. In this calculation, the daily
observed data of AMD quantity in the prior one year were used for fitting, and later one-year data were
used for the model validation. The fitting period was also changed from half a year to two years and

235



Minerals 2020, 10, 430

the correlation coefficients between the observed and calculated values were compared, as shown in
Table 2 and Supplementary Figure S1. Of course, the longer the fitting period, the higher the correlation
coefficient in the validation period, but a fitting period of one year seemed to be generally sufficient for
the reproduction of AMD quantity in the next one year. As shown in Supplementary Figure S2, when
the correction for elevation and the statistical daily fluctuation and the snowmelt estimation were not
conducted, the reproducibility of AMD quantity became worse, especially for Mine A. This is because
Mine A is located at a higher elevation and the effects of elevation correction and snowfall are larger
than for Mine B.

 

− −

Figure 4. Observed and calculated AMD quantity by the tank model for (a) Mine A and (b) Mine B.

Table 2. Relationship between the fitting period and the correlation coefficients.

Mine Fitting Period
Correlation Coefficient

in the Fitting Period
Correlation Coefficient in the

Validation Period 7

A
Half-year 1 0.89 0.65
One year 2 0.81 0.69
Two years 3 0.80 0.67

B
Half-year 4 0.86 0.77
One year 5 0.86 0.83
Two years 6 0.87 0.85

1 2015/10/1–2016/3/31; 2 2015/4/1–2016/3/31; 3 2014/4/1–2016/3/31; 4 2016/10/1–2017/4/1; 5 2016/4/1–2017/3/31;
6 2015/4/1–2017/3/1; 7 2016/4/1–2017/3/31 for Mine A; 2017/4/1–2018/3/31 for Mine B.

The parameters obtained for the tank model are shown in Table 3. Mine A has a smaller outflow
height and a larger AMD reservoir than Mine B. Additionally, Mine A has the smaller value of
outflow coefficient in the third stage, which directly affects AMD generation, compared to Mine
B. This trend means that Mine A has the bigger reservoir and the longer residence time of AMD,
which resulted in the smaller fluctuation of AMD, compared to Mine B. As we mentioned in the
previous section, ore production was 230 million tons per year in Mine A and 25,000 tons per year in
Mine B. This difference in scale should directly affect the difference in reservoir and residence time
of AMD.
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Table 3. Parameters of the tank model obtained for Mines A and B.

Mine Tank Stage
Outflow Coefficient ao

(day−1)
Seepage Coefficient as

(day−1)
Outflow Height b

(mm)

A
First stage 0.768 0.568 0.00484

Second stage 0.936 0.352 0.00140
Third stage 0.00282

B
First stage 0.738 0.863 0.0358

Second stage 0.292 0.607 0.0205
Third stage 0.0500

3.2. Forecast of AMD Quantity

The forecast of AMD quantity (underside) is shown in Figure 5, with the forecast of rainfall
(upperside) proposed by MPI–ESM. According to MPI–ESM in RCP2.6, the forecast for temperature
rise around the mines is about 2 ◦C by 2050, but remaining at about 1.0–2.5 ◦C after 2050. On the other
hand, in RCP8.5, the forecast for temperature continues to rise and reaches +5.9 ◦C in 2100.

 

 
Figure 5. Forecast of AMD quantity calculated from the model until 2165, with the forecast of rainfall
proposed by the Max Planck Institute–Earth System Model (MPI–ESM) for (a) Mine A and (b) Mine B.

In Mine A, the MPI–ESM shows that both rainfall and heavy rain frequency, which is the number
of days per year with greater than 50 mm of rainfall, increase due to the temperature rise. In 2100,
the forecast of rainfall is +21% for both RCP2.6 and RCP8.5, and forecast of heavy rain frequency
increases 4 days/year for RCP2.6 and 8 days/year for RCP8.5, compared to the present. According to
these trends, the AMD quantity calculated from the constructed model increases, as shown in Figure 5.
The forecast for AMD quantity in 2100 is +27% for RCP2.6 and +31% for RCP8.5.

In Mine B, the MPI–ESM shows that the temperature rise of around 2 ◦C in the RCP2.6 scenario
does not have much effect on rainfall and heavy rain frequency. In 2100, the forecast for rainfall
decreases 1.5% and heavy rain frequency decreases 2 days/year, which results in a 0.55% increase for
the forecast of AMD quantity, compared to the present. However, the temperature rise of 5.9 ◦C in the
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RCP8.5 scenario affects the forecast of rainfall and heavy rain frequency as much as for Mine A. In 2100,
the rainfall forecast increases 22% and heavy rain frequency increases 5.5 days/year, which results in a
25% increase for the forecast of AMD quantity, compared to the present.

The forecast of the standard deviation of AMD quantity is shown in Figure 6. A comparison of
the coefficient of variation of AMD quantity between the present and the future is shown in Table 4.
Here, the coefficient of variation was calculated for 10 years from 2010 to 2020 for the present and from
2100 to 2110 for the future. The temperature rise due to global warming caused larger fluctuations in
the AMD quantity for Mine A. In the case of Mine B, since the AMD reservoir is small and the AMD
residence time is short, even if the rainfall fluctuation increases in the future due to global warming,
the AMD fluctuation will remain largely as it is now. On the other hand, in the case of Mine A, since the
AMD reservoir is larger and the AMD residence time is longer, AMD fluctuation tends to increase
gradually in the future, affected by increases in rainfall fluctuation due to global warming. This trend
suggests that AMD treatment might be unstable because of global warming in the future, especially for
mines with larger AMD quantities.

 

 

Figure 6. Forecast of the standard deviation of AMD quantity for (a) Mine A and (b) Mine B.

Table 4. The coefficient of variation for AMD quantity at present and in the future.

Mine Name Present Future

Mine A 0.083 RCP2.6: 0.092
RCP8.5: 0.090

Mine B 0.56 RCP2.6: 0.49
RCP8.5: 0.54

In general, AMD quality tends to deteriorate as the AMD quantity increases. This is because when
the AMD quantity increases, AMD comes in contact with a new pollution source in the mine. Actually,
at present, the fluctuation of AMD quantity is larger in Mine B than in Mine A, and the fluctuation in
AMD quality tends to be larger in Mine B as well. This suggests that fluctuations in AMD quantity due
to global warming will cause large fluctuations in AMD quality.
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4. Conclusions

The AMD quantity model was constructed for two closed mines in Japan. The model was
constructed with a series tank model, and fitted by using daily data for one year, which were enough
to obtain adequate parameters. The results showed that Mine B has a smaller AMD reservoir and a
shorter AMD residence time than Mine A, resulting in a large fluctuation of AMD quantity in Mine B.
The forecast of AMD quantity was also estimated based on the forecast of rainfall and temperature
proposed by the MPI–ESM with IPCC RCP2.6 and RCP8.5 scenarios. The forecast results showed that
temperature rise due to global warming will cause an increase in rainfall, resulting in increased AMD
quantity. The fluctuation of rainfall will also increase due to global warming, increasing the fluctuation
of AMD quantity in Mine A. The effect of global warming in Mine A will be bigger than in Mine B due
to its larger reservoir and longer residence time of AMD.

In this study, it is expected that the quantity and fluctuation of AMD might increase due to
global warming. This suggests that fluctuations in AMD quality might also increase. Therefore,
when selecting future treatment methods, careful consideration should be given to whether or not the
AMD fluctuation can be sufficiently dealt with in the future, especially for passive treatment.

Supplementary Materials: The following are available online at http://www.mdpi.com/2075-163X/10/5/430/s1,
Figure S1: Observed and calculated AMD quantity by the tank model for (a) Mine A with half-year fitting, (b) Mine
A with two-year fitting, (c) Mine B with half-year fitting, and (d) Mine B with two-year fitting; Figure S2: Observed
and calculated AMD quantity by the tank model without correction of rainfall and temperature or considering
snowmelt for (a) Mine A and (b) Mine B.
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Abstract: Massive amount of highly contaminated mining residual materials (MRM) has been left
unattended and has leached heavy metals, particularly lead (Pb) and zinc (Zn) to the surrounding
environments. Thus, the performance of three immobilizers, raw dolomite (RD), calcined dolomite
(CD), and magnesium oxide (MO), was evaluated using batch experiments to determine their ability
to immobilize Pb and Zn, leached from MRM. The addition of immobilizers increased the leachate
pH and decreased the amounts of dissolved Pb and Zn to different extents. The performance of
immobilizers to immobilize Pb and Zn followed the following trend: MO > CD > RD. pH played an
important role in immobilizing Pb and Zn. Dolomite in RD could slightly raise the pH of the MRM
leachate. Therefore, the addition of RD immobilized Pb and Zn via adsorption and co-precipitation,
and up to 10% of RD addition did not reduce the concentrations of Pb and Zn to be lower than the
effluent standards in Zambia. In contrast, the presence of magnesia in CD and MO significantly
contributed to the rise of leachate pH to the value where it was sufficient to precipitate hydroxides of
Pb and Zn and decrease their leaching concentrations below the regulated values. Even though MO
outperformed CD, by considering the local availability of RD to produce CD, CD could be a potential
immobilizer to be implemented in Zambia.

Keywords: mine waste; contamination; batch experiments; lead; zinc; immobilization; remediation;
Kabwe; Zambia

1. Introduction

Kabwe District was one of the most important mining regions in Zambia for almost a century
(1902–1994). It was regarded as Southern Africa’s principal lead (Pb)-zinc (Zn) producer, producing
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over 1.8 and 0.8 Mt of Zn and Pb, respectively [1]. While in operation, no pollution laws were enforced
to regulate the discharge from wastes of the mine; therefore, operations of the mine have left Kabwe
with a massive amount of unattended mining residual materials (MRM), which still contain elevated
amounts of heavy metals, particularly Zn, Pb, and iron (Fe). Weathering of MRM causes heavy metals
to transport from the contaminated sites to the surrounding environments (groundwater, surface water,
and soil) [2]. In particular, the redistribution of heavy metals through solute transport processes
has been reported to be one of the most dangerous pathways, which invokes harmful effects on
water sources of nearby ecosystems and health-threatening to the nearby residents [3–9]. Therefore,
the remediation of heavy metals in and around the mine is necessary.

In our recent studies, several potential remediation techniques have been investigated to remediate
the contaminated site in Kabwe. Silwamba et al. (2020) [10,11] have proposed the concurrent dissolution
and cementation method. The method shows promising results in terms of Pb removal and recovery.
However, Zn could not be effectively recovered from the extraction solution, and further investigation is
needed. Biocementation by locally available bacteria has been studied by Mwandira et al. (2019) [12,13].
The results indicate that the biocemented material can be effectively used as a covering layer to prevent
airborne contamination of metallic dust and infiltration of water into the waste. In the present study,
chemical immobilization is introduced as an alternative and practical method to remediate the site.

Remediation techniques for heavy metals polluted sites can be classified into two main categories,
in-situ and ex-situ. In general, ex-situ treatment has high efficiency; however, it is less cost-effective
than in-situ remediation due significantly to the costs for excavation and transport of large quantities
of contaminated materials. In-situ remediation avoids the excavation and transportation costs because
of on-site treatments of contaminants. Various kinds of in-situ remediation techniques have been
developed to immobilize or extract the heavy metals in the contaminated sites. Among them, chemical
immobilization is cheap, easy to implement, and quick in execution [14,15]. Thus, this is the most
promising technique, especially to be applied in one of the developing countries.

In in-situ chemical immobilization, the leaching potential of heavy metals from contaminated soils
is reduced via sorption and/or precipitation processes by adding chemical agent (immobilizer) into the
contaminated area. The performance of a variety of immobilizers, including carbonates, phosphates,
alkaline agents, clay, iron-containing minerals, and organic matters, has been evaluated [14–23].
However, most of the studies have been conducted to remediate contaminated soil samples in which
they generally contain much lesser metals contents than those in MRM. Moreover, because of the
complex interactions between solutes and immobilizers, the definite efficiency of the immobilizer
remains site-specific. In other words, there is no guarantee on the effectiveness of a particular
immobilizer implemented on different contaminated sites. Therefore, the objective of this study was
to evaluate and compare the performance of selected potential immobilizers (e.g., locally available,
low-cost) to reduce the mobility of Pb and Zn leached from the highly contaminated sample (MRM).

It is necessary to apply immobilizers that is low cost and abundant in nature for remediating
contaminated areas. Hence, in this study, raw dolomite (RD) was selected as one of the potential
candidates because it is naturally available in a large quantity in Zambia [24]. It is a carbonate mineral;
therefore, it can increase and buffer pH of MRM, leading to more adsorption and precipitation of
cationic heavy metal ions [25–27]. In the present study, calcined dolomite (CD) was also used as an
immobilizer. The heat treatment was performed to change the carbonate property of dolomite to be
more alkaline [28]. As a result, the immobilizer was expected to strongly increase the pH of MRM,
favoring the immobilization of heavy metals by hydroxide precipitation in addition to adsorption and
precipitation of other secondary minerals. At the same time, commercially available alkaline-based
agent, magnesium oxide (MO), was also tested to compare the ability of RD and CD on immobilizing
heavy metals in MRM. The current study will provide meaningful information for the development of
chemical immobilization to remediate heavy metals contaminated sites in Zambia.
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2. Materials and Methods

2.1. Solid Sample Collection, Preparation, and Characterization

MRM was collected from the dumping site of Pb-Zn mine wastes in Kabwe, Zambia. The sampling
was done using shovels at random points within the area shown in Figure 1. This leaching residual was
selected as one of the representative wastes because the leaching concentrations of Zn and Pb from the
waste were higher compared with the other wastes. Moreover, the storage size of this waste occupies
more than 50% of the total dumping area. The sample was stored in vacuum bags and transported
to the laboratory in Japan with permission by the Ministry of Agriculture, Forestry, and Fisheries of
Japan. In preparation, it was air-dried under ambient conditions, lightly crushed, sieved using a 2 mm
aperture screen, and kept in a polypropylene bottle before use. Particle sizes of less than 2 mm were
chosen to follow the Japanese standard for the leaching test of contaminated soils [29].

 

 

□ ′ ″ ′ ″
′ ″ ′ ″

250 m 

Figure 1. Dumping site in Kabwe; (�) sampling area (top left: 14◦27′39′′ South, 28◦25′42′′ East; down
right: 14◦27′55′′ South, 28◦26′16′′ East).

Three types of immobilizing agents were selected to immobilize Zn and Pb in the waste: raw
dolomite, calcined dolomite, and magnesium oxide denoted as RD, CD, and MO, respectively. RD was
taken from a dolomite quarry source near the MRM storage site, while CD was prepared by burning
RD with particle sizes of less than 2 mm in a furnace at 700 ◦C for 2 h. MO was commercially available,
purchased from Ube Industry, Japan. The same preparation procedure as that for MRM was also
applied to these materials.

Chemical and mineralogical properties of all solid samples were characterized on the pressed
powder of finely crushed samples (<50 µm) using an X-ray fluorescence spectrometer (XRF) (Spectro
Xepos, Rigaku Corporation, Tokyo, Japan) and X-ray diffractometer (XRD) (MultiFlex, Rigaku
Corporation, Tokyo, Japan), respectively. Sequential extraction was conducted to evaluate solid-phase
heavy metals speciation of MRM. The procedure used in this study was modified from two well-known
procedures, Tessier et al. (1979) [30] and Clevenger (1990) [31]. The modification was done by
Marumo et al. (2003) [32], and it was widely used to extract the tailings sample, mineral processing
wastes, and leaching residues [10,33–36]. The process can divide solid-phase heavy metals bounded
to solid into five different phases, including exchangeable, carbonates, Fe-Mn oxides, sulfide/organic
matter, and residual. The details of the extraction procedure are summarized in Table 1. The extraction
was done on 1 g of the <2 mm MRM sample. Between each step, the extractant solution of the previous
step was retrieved by centrifugation of the suspension at 3000 rpm for 40 min to separate the residue out
of the leachate. The residual was then washed with 20 mL of deionized water. Finally, the washing and
extractant solutions were mixed, diluted to 50 mL, filtrated through 0.45-µm Millex® filters, and kept
in polypropylene bottles prior to chemical analysis.
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Table 1. Sequential extraction for heavy metals speciation.

Step Extractant pH
Liquid to

Solid Ratio
(mL/g)

Temperature
(◦C)

Duration
(h)

Mixing
Speed (rpm) Extracted Phase

1 1 M MgCl2 7 20/1 25 1 120 Exchangeable
2 1 M CH3COONa 5 20/1 25 5 120 Carbonates
3 0.04 M NH2OH·HCl

in 25% acetic acid 20/1 50 5 120 Reducible

4
0.04 M NH2OH·HCl

in 25% acetic acid;
30% H2O2; 0.02 M

HNO3

36/1 85 5 120 Oxidizable

5 Calculated Residual

2.2. Batch Leaching Experiments

Batch leaching experiments were performed using 250 mL polypropylene Erlenmeyer flasks
with a lateral reciprocating shaker (EYELA Multi Shaker MMS, Tokyo Rikakikai Co., Ltd., Tokyo,
Japan). All batches were conducted under ambient conditions by mixing 15 g of solid sample to
150 mL of deionized water (1:10 solid-to-liquid ratio) at 200 rpm for 6 h. Five replications of the
leaching tests of MRM were conducted, while a single run of every immobilization experiment was
done. The reason is that in immobilization tests, we adjusted the addition of immobilizers and did
not control the pH of the suspension. In other words, pH is determined by the complex chemical
and physical interactions between immobilizer and MRM. Thus, a variation of pH can be easily
observed even though the same mixing ratio between MRM and immobilizer and the conditions is
employed. To avoid the uncertainty of the variation of pH at the same immobilizer:MRM mixing
ratio, we varied the immobilizer:MRM mixing ratios at 1:100, 3:100, 1:20, and 1:10 to evaluate the
performance of immobilizers. After 6 h of shaking, the pH, electrical conductivity (EC), redox potential
(ORP), and temperature were immediately measured. The leachates were collected by first centrifuging
the mixtures at 3000 rpm for 40 min to separate the suspended particles. The supernatants were then
filtered with 0.45-µm Millex® filters (Merck Millipore, Burlington, MA, USA) and kept in air-tight
polypropylene bottles prior to chemical analysis.

2.3. Chemical Analysis of Liquid Samples

Inductively coupled plasma atomic emission spectrometer (ICP-AES) (ICPE-9000, Shimadzu
Corporation, Kyoto, Japan) and inductively coupled plasma atomic emission mass spectrometry
(ICP-MS) (ICAP Qc, Thermo Fisher Scientific, Waltham, MA, USA) were used to quantify the
dissolved concentrations of heavy metals and coexisting ions. The analyses were performed on the
pretreated liquid samples in which 1% by volume of 60% nitric acid (HNO3) was added to the liquid
samples. The acidification was done to make sure that all target elements were in a dissolved form.
The non-acidified samples, on the other hand, were used to determine alkalinity or acid resistivity.
This parameter is generally reported as bicarbonate concentration (meq/L), quantified by titration
of a known volume of sample with 0.01 M sulfuric acid (H2SO4) until pH 4.8. All chemicals used
were reagent-grade.

2.4. Geochemical Modeling

An aqueous geochemical modeling program, PHREEQC (Version 3, U.S. Geological Survey,
Sunrise Valley Drive Reston, VA, USA) [37], was used to aid in the interpretation of the experimental
results. The program can determine the parameters that may affect the mobility of heavy metals from
MRM, such as stability of minerals and chemical species. The input data included temperature, pH,
ORP, and concentrations of heavy metals and other coexisting ions. Thermodynamic properties were
taken from the WATEQ4F database.
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3. Results and Discussion

3.1. Properties of Solid Samples

The mineralogical and chemical compositions of MRM and immobilizers, including RD, CD,
and MO, are listed in Tables 2 and 3, respectively. MRM was composed of anglesite (PbSO4) as a
primary mineral; zinkosite (ZnSO4) and quartz (SiO2) as the second-highest; and goethite (FeOOH),
hematite (Fe2O3), and gypsum (CaSO4·2H2O) as the miner minerals. Anglesite and zinkosite are
commonly found as the weathering products of Pb- and Zn-sulfides under natural oxygenated
environments [38,39]. Therefore, the presence of these two minerals indicates that MRM has already
been exposed to the surface environment for a long time before the sampling was done. It can also be
expected that other than goethite and hematite, MRM also contained amorphous iron-(hydr)oxides
and iron-sulfate salts (e.g., melanterite, coquimbite) since goethite and hematite were found as the
miner minerals but Fe2O3 content was the highest among all compositions detected. The contents of
Pb and Zn in MRM were 10.9% and 8.1%, respectively. The values of both metals were extremely high
and exceeded the permissible limit in soil, 600 mg/kg for Pb and 1500 mg/kg for Zn [40]. However,
this does not guarantee that MRM can release significant amounts of Pb and Zn since their mobility
also depends significantly on the chemical speciation. Sequential extraction was then performed,
and the result showed that around 40% of the total contents of Pb and Zn were in mobile fractions
(exchangeable, carbonates, and oxidizable) under surface environments (Figure 2). This confirms that
MRM could be a potential source contaminating the surrounding environment with Pb and Zn.

Table 2. Mineralogical composition of solid samples.

MRM RD CD MO

Quartz ++ - - -
Gypsum + - - -
Anglesite +++ - - -
Zinkosite ++ - - -
Hematite + - - -
Goethite + - - -
Dolomite - +++ +++ -

Calcite - - + -
Magnesia - - + +++

+++: Strong; ++: Moderate; +: Weak; -: None.

Table 3. Chemical composition of solid samples (the unit is in wt%).

MRM RD CD MO

SiO2 20.9 0.39 0.37 <0.01
TiO2 0.35 <0.01 <0.01 <0.01

Al2O3 1.91 0.24 0.11 <0.01
Fe2O3 45.8 0.52 0.68 <0.01
MnO 1.59 0.46 0.43 <0.01
MgO <0.01 36.9 33.3 100
CaO 4.64 60.7 62.4 <0.01

Na2O <0.01 <0.01 <0.01 <0.01
K2O <0.01 0.15 0.16 <0.01
P2O5 <0.01 0.14 <0.01 <0.01
SO3 2.71 0.15 0.2 <0.01
Pb 10.9 <0.01 <0.01 <0.01
Zn 8.1 <0.01 <0.01 <0.01

The most dominant mineral found in RD was dolomite (CaMg(CO3)2). Magnesium (Mg) and
calcium (Ca) oxides contents accounted for more than 95% with a molar ratio of Ca to Mg of 1.2.
This indicates that RD adequately consisted of pure dolomite. Burning RD at 700 ◦C for 2 h generated
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the new type of immobilizer, CD. Calcite (CaCO3) and magnesia (MgO) were detected in addition to
dolomite. With almost the same molar ratio of Ca to Mg in CD compared with that in RD, it clearly
indicates that the calcination process transformed dolomite into calcite and magnesia. MO composed
only of magnesia with 100% MgO content, which shows pure magnesia.

 

□ □
□ □ □

Figure 2. Solid-phase Pb and Zn speciation of mining residual materials (MRM); (�) exchangeable,
(�) carbonates, (�) sulfide/organic matter, (�) Fe-Mn oxides, and (�) residual.

3.2. Leaching Characteristic of MRM

Table 4 shows the leaching characteristic of MRM. The experimental values were reproducible with
high precision since the standard deviations of all parameters were quite small. Four heavy metals, Pb,
Zn, cadmium (Cd), and copper (Cu), were leached at the concentrations falling within the instrument
detection limits of ICP-AES and -MS. Among these heavy metals, the leaching concentrations of only
Pb (2.1 mg/L) and Zn (365 mg/L) exceeded the effluent standard in Zambia (0.5 mg/L for Pb and
1 mg/L for Zn) [41]. Therefore, this study focused only on the mobility of these two metals. PHREEQC
simulation on the saturation indices of all possible Pb- and Zn-minerals showed that with the given
conditions and components in MRM leachate, only saturation index of anglesite fell within a common
error interval used to indicate saturation equilibrium (±0.2) (Table 5). The result indicates that the low
solubility of anglesite restricted the dissolved concentration of Pb, while no restriction by means of
precipitation was observed on the leaching of Zn. This can explain why 4.51% of the total Zn content
was leached from MRM, while only 0.02% was observed in the case of Pb leaching.

Table 4. Leaching characteristic of MRM (n = 5).

MRM Reg. Value * (mg/L)

pH 5.26 ± 0.04 -
ORP (mv) 300 ± 36 -

EC (mS/cm) 2.7 ± 0.09 -
Pb (mg/L) 2.1 ± 0.008 0.5
Zn (mg/L) 365 ± 18 1
Cd (mg/L) 0.21 ± 0.009 0.5
Cu (mg/L) 0.08 ± 0.01 1.5

Ca2+ (mg/L) 547 ± 48.2 -
Mg2+ (mg/L) 27.7 ± 3.1 -
SO4

2− (mg/L) 1907 ± 36.8 -
Si (mg/L) 13 ± 0.5 -

* Regulated value in mg/L specified by the Environment Management Act (2013) [40].
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Table 5. Calculated saturation indices of possible Pb- and Zn-minerals in MRM leachate.

Mineral Saturation Index

Anglesite −0.2
Cerussite −2.25
Pb(OH)2 −3.4

Smithsonite −2.45
Willemite −3.62
Zn(OH)2 −3.82

Hydrocerussite −8.41
Hydrozincite −3.08

Calcium ion (Ca2+) and sulfate ion (SO4
2−) were the major ions in the leachate, accounting for

more than 85% of the total dissolved ions. These ions were likely to be enriched by the dissolution
of soluble phase minerals, such as gypsum and zinkosite [42,43]. However, the dissolution of these
two minerals might not only be the sources of SO4

2− since the molar ratio of Ca2+ and Zn to SO4
2−

was lower than one. The sulfide fractions of both metals in MRM (Figure 2), together with the slightly
acidic pH (5.2) and positive ORP (300 mV) of the leachate, suggest that the oxidation of sulfide minerals
(e.g., pyrite, galena, sphalerite) and dissolution of iron-sulfate salts (e.g., melanterite, coquimbite) also
occurred and attributed to the enrichment of SO4

2−, even though they were not detected by XRD.
This could also partly contribute to the enrichment of Pb and Zn in the leachate.

3.3. Potential of Immobilizers

3.3.1. Effects of Addition of Immobilizers on pH and Coexisting Ions

Changes in the pH of the leachate as a function of the amounts of addition of RD, CD, and MO
are shown in Figure 3. The pH increased from 5.2 to 6.7, 8.2, and 9.8 with increasing RD, CD, and MO
addition from 0 to 10%. When the same amount of immobilizer was added, the performance of the
immobilizers to increase the leachate pH followed the order: MO > CD > RD. The results clearly
showed the improvement of the alkaline property of CD over RD. The variation in pH could mainly be
attributed to the liming effect(s) of dolomite (Equation (1)) in RD treatments, of dolomite (Equation (1)),
of calcite (Equation (2)), and of magnesia (Equation (3)) in CD treatments, and of magnesia (Equation (3))
in MO treatments [44–47].

CaMg(CO3)2 + 2 H+⇔ Ca2+ +Mg2+ + 2HCO3
−, (1)

CaCO3 + H+⇔ Ca2+ + HCO3
−, (2)

MgO + H2O⇔Mg(OH)2 ⇔Mg2+ + 2OH−. (3)

Figure 4a–c illustrates the leaching concentrations of major coexisting ions, Ca2+, magnesium
(Mg2+), and SO4

2−, as a function of the amount of immobilizer added. The dissolved concentrations of
Ca2+ and Mg2+ in RD treatments were higher than those in MRM and increased with the increasing
addition of RD, indicating the simultaneous leaching of Ca2+ and Mg2+ from the dissolution of dolomite
(Equation (1)). In CD treatments, Ca2+ and Mg2+ were also leached at higher concentrations than
those in MRM leachate. At the same amount of CD and RD addition, the leaching concentration
of Mg2+ in CD treatment was higher than that in RD treatment, while almost the same dissolved
concentration of Ca2+ was observed in both treatments. This, together with the result that CD contained
less dolomite and more calcite compared to those in RD, suggest the occurrence of hydration of
magnesia (Equation (3)) in addition to the dissolution of carbonate minerals (Equations (1) and (2)) in
CD treatments. Moreover, the difference in the leaching concentration of Mg2+ between CD and RD
treatments became more significant as the addition of immobilizers increased, which indicates that as
pH increased, the hydration of magnesia (Equation (3)) played a more important role in controlling
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pH. In MO treatments, the concentration of Mg2+ increased with higher addition of MO, while almost
no change in the concentration of Ca2+ from that in MRM was observed. This result suggests the
occurrence of hydration of magnesia (Equation (3)) in MO treatments.
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Figure 3. pH of leachate upon addition of immobilizers.
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Figure 4. Leaching concentrations of major ions upon addition of immobilizers: (a) Ca2+, (b) Mg2+,
and (c) SO4

2−.

At the same amount of immobilizer added, the leaching concentration of SO4
2− was the highest

when treating MRM with MO, followed by CD and RD (Figure 4c). In consideration of the trace
amount of SO3 content in all immobilizers, the results suggest that MRM should be the source of SO4

2−,
and the leaching of SO4

2− might be caused by the change in the parameter(s) of the leachate, triggered
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by the addition of immobilizer. Figure 5 illustrates the correlation between the leaching concentration
of SO4

2− vs. pH. The SO4
2− concentration exhibited a strong positive correlation with pH (correlation

coefficient (r) = 0.92, p < 0.01), suggesting that SO4
2− level could mainly be influenced by pH due

possibly to the following mechanisms: (1) desorption, (2) production by oxidation of sulfide minerals,
(3) common-ion of between calcite, dolomite, and gypsum, and (4) dissolution of anglesite. The pH
increase led to a higher negative surface potential of MRM, thereby decreasing the affinity of SO4

2−

toward the surface of MRM. However, Tabatabai (1987) [48] reported that since the adsorption of SO4
2−

was only flavored under strongly acidic conditions, the amount of adsorbed SO4
2− became almost

negligible under weakly acidic pH. This means that the desorption might not be a viable explanation in
this study since all leachates’ pH ranged from weakly acidic (5.2) to moderately alkaline (9.8). Therefore,
the fact that the oxidation rate of sulfide minerals, such as pyrite and galena, increases with pH becomes
the potential reason contributing to the higher leaching concentration of SO4

2− [49,50]. However,
the enrichment of SO4

2− could be restricted by the solubility of gypsum because the saturation index of
gypsum was within the equilibrium condition range of ±0.2 in all leachates. This could explain why the
leaching concentration of SO4

2− slightly increased with pH at lower pH region where the dissolution
of dolomite containing in RD and calcite and dolomite containing in and CD tended to control the pH
(Equations (1) and (2)). In other words, Ca2+ produced from the dissolution of calcite and dolomite
precipitated with SO4

2− to form gypsum, thereby restricting SO4
2− concentration. Meanwhile, as pH

became more alkaline, the concentration of SO4
2− increased rapidly. This could be attributed to the less

contribution of calcite and dolomite dissolution (Equations (1) and (2)) to control the leachate pH in the
case of CD addition, conjointly in MO treatments, only hydration of magnesia (no production of Ca2+)
(Equation (3)) was found to control the pH of the leachates. The pH-dependent solubility of anglesite
could also be attributed to the rapid increase of SO4

2− concentration under alkaline conditions since
anglesite was originally contained in MRM and is unstable under alkaline pH [51].
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r = 0.92 
p < 0.01 

Figure 5. Leaching concentration of SO4
2− vs. pH.

3.3.2. Effects of the Addition of Immobilizers on Mobility of Heavy Metals

In this study, the performance of immobilizers was evaluated based on the solubility of Pb
and Zn. Figure 6a,b shows the changes in Pb and Zn concentrations as a function of the amount
of addition of immobilizers. In general, the leaching concentrations of Pb and Zn exponentially
decreased with an increase in the dose of immobilizers. Figure 7a,b illustrates the correlation between
leaching concentrations of Pb and Zn vs. pH. The mobility of heavy metals was strongly influenced
by pH, indicated by significant negative correlations of Pb-pH (r = −0.92) and Zn-pH (r = −0.87)
at the 0.01 significance level (2-tailed). Coupled with the results of the leaching concentration of
SO4

2− and the characteristic of immobilizers, as well as the leaching condition used in the current
study, the major modes of Pb and Zn attenuation could be either one or more of the following
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mechanisms: precipitations of metal-sulfate, -carbonate, and/or -hydroxide, co-precipitation of metal
with iron-(oxy)hydroxides, and metal ion adsorption to immobilizer. The formation of low soluble
anglesite under acidic conditions was expected since the leaching concentration of SO4

2− was high
and increased with pH (Figure 5) [52,53]. The carbonate property of RD and CD might result
in the precipitation of cerussite (PbCO3), hydrocerussite (Pb3(CO3)2(OH)2), smithsonite (ZnCO3),
and hydrozincite (Zn3(CO3)2(OH)2) [35,54–56]. The carbonate precipitations of Pb and Zn are also
expected to occur in MO treatments since the experiments were done under atmospheric conditions in
which carbon dioxide (CO2) in the atmosphere was freely dissolved [57]. However, the simulation results
by PHREEQC showed that except hydrozincite in 3% addition of MO treatment, the precipitations of
anglesite, cerussite, hydrocerussite, smithsonite, and hydrozincite were thermodynamically unfavorable
(saturation index < −0.2) regardless of the type and amount of immobilizer added (Table 6). Therefore,
the possible immobilization mechanisms of Pb and Zn in all types of immobilizers could be narrowed
down to the hydroxide precipitation, adsorption, and co-precipitation.
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Figure 6. Leaching concentrations of heavy metals upon addition of immobilizers: (a) Pb and (b) Zn
(dashed lines represent the effluent standards of Pb and Zn in Zambia).
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Figure 7. Leaching concentrations of heavy metals vs. pH: (a) Pb vs. pH and (b) Zn vs. pH (dash lines
represent the effluent standards of Pb and Zn in Zambia).

To verify the dominant mechanism(s), pH-dependent solubility diagrams of Pb- and Zn-hydroxides
were plotted (Figure 8a,b). Points in the figures represent the relationship between the logarithmic
activity of divalent heavy metal and pH in each batch test. The solid lines demonstrate the solubility of
heavy metal hydroxides. Therefore, any point located on or close to the line implies the hydroxide
precipitation-controlled sequestration process.
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Table 6. Calculated saturation indices of anglesite, cerussite, hydrocerussite, smithsonite, and
hydrozincite in leachates with the addition of RD, CD, and MO.

Treatment
Saturation Index

Anglesite Cerussite Smithsonite Hydrocerussite Hydrozincite

RD treatments

1% −0.4 −1.15 −1.63 −5.63 −1.82
3% −0.49 −1.13 −1.21 −4.28 −1.35
5% −0.55 −0.98 −1.13 −3.68 −1.17

10% −0.41 −0.48 −1.01 −2.11 −1.01

CD treatments

1% −0.6 −0.78 −0.87 −3.19 −0.98
3% −0.92 −0.27 −0.44 −1.56 −0.48
5% −0.99 −0.23 −0.66 −1.58 −0.79

10% −2.39 −0.3 −1.24 −0.64 −0.64

MO treatments

1% −1.13 −0.38 −1.16 −1.57 −1
3% −4.36 −1.6 −1.16 −3.31 0.22
5% −4.72 −1.86 −2.19 −4.05 −0.78

10% −5.49 −2.52 −2.99 −5.16 −1.02

 

−

 

−

Figure 8. pH-dependent solubility diagrams of (a) Pb-hydroxide and (b) Zn-hydroxide ([ ] represents
activity).

In the case of RD addition, a discrepancy from the equilibrium line for Pb and Zn was observed.
This means that at pH from weekly acid to neutral, hydroxide precipitation was not the main mechanism
controlling the mobility of Pb and Zn. Therefore, Pb and Zn were suspected to be immobilized by
sorption and co-precipitation with iron-(oxy)hydroxides. The sorption was likely to occur since
dolomite, major mineral in the immobilizer, can adsorb Pb and Zn [58,59]. Besides, adding more of
this immobilizer induced the leachate pH increase. This could change the surface charge of goethite,
hematite, and iron-(hydr)oxide compounds in MRM to more negative, thereby increasing their
adsorption ability against cationic divalent Pb and Zn [58–63]. During the neutralization process under
ambient conditions, iron-(oxy)hydroxides precipitate from the oxidative dissolution of pyrite and
dissolution of iron-bearing salts [63–66]. The precipitations of iron-(oxy)hydroxides have been reported
by many studies to induce co-precipitation of divalent metals, including Pb(II) and Zn(II) [50,67,68],
and thus the co-precipitation of Pb and Zn with iron-(oxy)hydroxides was also expected in RD
treatments. From the above explanations, adding more RD should reduce the leaching concentration
of both metals. However, leaching concentration of Pb increased from 0.98 mg/L to 1.4 mg/L when RD
rose from 5% to 10% (Figure 6a). This could be attributed to the stability of Pb(II) species as a function
of pH. Theoretically, as pH increases under acidic region, more of free Pb(II) ion tends to complex with
OH- and CO3

2−, generating larger ion with lower charge (Pb(OH)+ and PbCO3), which lowers the
affinity of Pb to the surface of the potential adsorbents and inhibits the co-precipitation [69–71].
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On the other hand, adding CD and MO made most of the logarithmic leaching activities of
Pb2+ and Zn2+ to approach their solubility product lines. This means that hydroxide precipitation
is the dominant mechanism of attenuating Pb and Zn. Regardless of the type of immobilizer, at low
pH, the logarithmic activities of both metals were slightly lower than their equilibrium lines and
then tended to stay on or be slightly higher than the lines afterward. This probably indicates that
at low pH, adsorption and co-precipitation with iron-(oxy)hydroxides also occurred in addition to
the precipitation, but as pH got higher, they diminished. There are two probable explanations for
this phenomenon as follows: (1) competition with strong competing ion (Mg2+) and (2) change in
specification of the dissolved metals. The pH alteration mechanisms of CD and MO appeared to
generate Mg2+ as a by-product (Equations (1) and (3)). Because of this, the concentration of Mg2+

significantly increased with pH with a correlation coefficient of 0.97, p < 0.01(Figure 9). Therefore,
as pH increased, high concentration of Mg2+ could compete for Pb and Zn for adsorption sites and for
co-precipitation with iron-(oxy)hydroxides, attributing to the less contribution of the adsorption and
co-precipitation on the immobilization process. Increasing pH could also result in the redistributions
of Pb(II) and Zn(II) species. The fraction of free Pb(II) and Zn(II) reduces as pH increases since they
are thermodynamically preferable to be hydrolyzed forming -(OH)+, -(OH)2, and -(OH)3

− [69–72].
Moreover, since the systems contained high dissolved carbonate, the formation of carbonate complexes
of Pb(II) and Zn(II) was also expected [69,73]. Once these complexes are formed, their abilities to get
adsorbed and co-precipitated are inhibited by the larger size and lower positive potential they become.

 

r = 0.97 
p < 0.01 

Figure 9. Leaching concentration of Mg2+ vs. pH.

3.3.3. Performance of Immobilizers

When the same amount of immobilizer was added, the dissolved concentrations of Pb and Zn
were the highest in RD treatment, second highest in CD treatment, and the lowest in MO treatment
(Figure 6a,b). As previously mentioned, adsorption, co-precipitation, and hydroxide precipitation
were the major sink of Pb and Zn, and their mobilities depended strongly on pH. Because of the
carbonate property of dolomite, RD could not raise the pH of MRM leachate to the value favoring
the precipitations of Pb- and Zn-hydroxides. Therefore, RD treatments remediated Pb and Zn by
adsorption and co-precipitation in which it was insufficient to reduce the leaching concentrations of Pb
and Zn down below their regulated values. On the other hand, magnesia in CD and MO played a
significant role in increasing the leachate pH of MRM into the alkaline region. Lead and Zn were then
mainly immobilized by precipitation as hydroxides. Thus, metal concentrations as high as 368 mg/L
for Zn and 2.1 mg/L for Pb released from MRM were reduced to the values below their regulated
concentrations. Efficiency-wise, MO was the most effective immobilizer in immobilizing Pb and Zn
since it contained the highest MgO content. However, CD could be the immobilizer of choice since
it can be produced from the naturally abundant material in Zambia (RD), and its performance was
almost the same as that of MO.
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4. Conclusions

The leachate of MRM was slightly acidic (pH 5.2) and contained high concentrations of Pb
(2.1 mg/L) and Zn (365 mg/L), exceeding those of Zambian regulation. When immobilizers were
introduced, the leachate pH increased, and the leaching concentrations of Pb and Zn decreased.
Lead and Zn immobilized by RD were interpreted by the adsorption and co-precipitation mechanisms.
On the contrary, chemical immobilization using CD and MO suppressed Pb and Zn leaching mainly
by the hydroxide precipitation. Of the immobilizers investigated, only CD and MO decreased the
dissolved Pb and Zn concentrations to below their regulated values, in which MO had a higher
performance than CD. The results show that heat treatment on RD to produce CD drastically improved
the immobilizing performance of Pb and Zn. Even though MO provided the highest efficiency,
Pb and Zn could also be effectively immobilized by giving an adequate amount of CD. Therefore,
by considering the availability of CD in the local area, CD could be the most promising chemical agent
to be implemented in Zambia.
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71. Namieśnik, J.; Rabajczyk, A. The speciation and physicochemical forms of metals in surface waters and
sediments. Chem. Speciat. Bioavailab. 2010, 22, 1–24. [CrossRef]

72. Masliy, A.N.; Shapnik, M.S.; Kuznetsov, A.M. Quantum-chemical investigation of electrochemical processes.
Part I. Investigation of the mechanism of Zn(II) complex electroreduction from alkaline water solutions.
Quantum chemical simulation, chemistry, and computational simulation. Butlerov. Commun. 2000, 3, 1–6.

73. Fouillac, C.; Criaud, A. Carbonate and bicarbonate trace metal complexes: Critical reevaluation of stability
constants. Geochem. J. 1984, 18, 297–303. [CrossRef]

© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

258



minerals

Article

Genomic Analysis of a Newly Isolated Acidithiobacillus
ferridurans JAGS Strain Reveals Its Adaptation to Acid
Mine Drainage

Jinjin Chen 1,† , Yilan Liu 1,†, Patrick Diep 1 and Radhakrishnan Mahadevan 1,2,*

����������
�������

Citation: Chen, J.; Liu, Y.; Diep, P.;

Mahadevan, R. Genomic Analysis of

a Newly Isolated Acidithiobacillus

ferridurans JAGS Strain Reveals Its

Adaptation to Acid Mine Drainage.

Minerals 2021, 11, 74.

https://doi.org/

10.3390/min11010074

Received: 20 November 2020

Accepted: 11 January 2021

Published: 13 January 2021

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2021 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

1 Department of Chemical Engineering and Applied Chemistry, University of Toronto,
Toronto, ON M5S 3E5, Canada; jinjin.chen@utoronto.ca (J.C.); liu.yilan@utoronto.ca (Y.L.);
patrick.diep@mail.utoronto.ca (P.D.)

2 Institute of Biomedical Engineering, University of Toronto, Toronto, ON M5S 3G9, Canada
* Correspondence: krishna.mahadevan@utoronto.ca
† Jinjin Chen and Yilan Liu contribute equally to this work.

Abstract: Acidithiobacillus ferridurans JAGS is a newly isolated acidophile from an acid mine drainage
(AMD). The genome of isolate JAGS was sequenced and compared with eight other published
genomes of Acidithiobacillus. The pairwise mutation distance (Mash) and average nucleotide iden-
tity (ANI) revealed that isolate JAGS had a close evolutionary relationship with A. ferridurans

JCM18981, but whole-genome alignment showed that it had higher similarity in genomic structure
with A. ferrooxidans species. Pan-genome analysis revealed that nine genomes were comprised of
4601 protein coding sequences, of which 43% were core genes (1982) and 23% were unique genes
(1064). A. ferridurans species had more unique genes (205–246) than A. ferrooxidans species (21–234).
Functional gene categorizations showed that A. ferridurans strains had a higher portion of genes
involved in energy production and conversion while A. ferrooxidans had more for inorganic ion trans-
port and metabolism. A high abundance of kdp, mer and ars genes, as well as mobile genetic elements,
was found in isolate JAGS, which might contribute to its resistance to harsh environments. These
findings expand our understanding of the evolutionary adaptation of Acidithiobacillus and indicate
that A. ferridurans JAGS is a promising candidate for biomining and AMD biotreatment applications.

Keywords: Acidithiobacillus; acid mine drainage; biomining; comparative genomics

1. Introduction

With continually increasing concerns about acid mine drainage (AMD) contamination
and the depletion of high-grade ores, innovative and sustainable methods to recover heavy
metals from tailings and AMD as well as to treat AMD pollution are urgently needed [1].
Pyrometallurgical and hydrometallurgical routes are the conventional methods for metal
recovery, but they are environmentally unsustainable, with a high cost in terms of operating
on low-grade ores [2,3]. Though many techniques have been applied for AMD management,
such as neutralization, adsorption, oxygen barriers, bactericides and so on, most of those
options are unsustainable and unaffordable [4]. Compared with conventional and other
emerging reprocessing techniques, bioleaching is considered as a simple, highly efficient,
safe, low-cost, more easily managed and eco-friendly technique to facilitate sustainable
mining and prevent AMD [3]. Bioleaching facilitates metal mobilization from solid metal
sulfides into their water-soluble forms by different microorganisms via direct and indirect
bioleaching [5]. Direct bioleaching can be summarized as:

MeS + 2O2 → MeSO4 (1)
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while indirect bioleaching can be described as:

MeS + Fe2(SO4)3 → MeSO4 + 2Fe2SO4 + S0 (2)

Microorganisms take part in and accelerate the oxidation of mineral sulfide to sul-
fate or the reoxidation of ferrous iron to ferric iron [6]. Although many factors affect
the bioleaching process such as temperature, pH, dissolved oxygen, redox potential and
formation of secondary minerals [7–9], indigenous bacteria play a crucial role in effective bi-
oleaching [10]. Therefore, an increasing research effort has been placed on discovering and
characterizing indigenous robust microbes that are resistant to high metal concentrations
in extremely acidic environments [11,12].

Acidithiobacillus is a group of Gram-negative, chemoautotrophic, acidophilic aerobes
which dominates in all types of extremely acidic habitats, suggesting its tremendous po-
tential in the bioleaching process [13]. Genome sequencing and analysis of this genus,
revealing its adaption to harsh environments, will help us to better understand its mecha-
nisms and provide insights for future genetic engineering strategies to make bioleaching
more efficient and versatile. Li et al. [14] analyzed and validated genomic information from
this genus, including seven species and 37 strains, and revealed that Acidithiobacillus spp.
recruited and consolidated novel functionalities via horizontal gene transfer, gene duplica-
tion and purifying selection to cope with challenging environments. Presently, there are
10 species reported in this genus: A. ferrooxidans, A. ferridurans, A. ferrivorans, A. ferrianus,
A. ferriphilus, A. albertensis, A. caldus, A. thiooxidans, A. sulfuriphilus and A. cuprithermicus.
The first five species were reported to generate energy by oxidizing ferrous iron, sulfur and
hydrogen. Since soluble ferric iron produced from this ferrous iron oxidation can serve as
a powerful oxidant to accelerate the dissolution of sulfidic minerals to release target metals,
Acidithiobacillus species such as A. ferrooxidans have drawn focused attention [7]. Since
the 1940s, more than 500 isolates of A. ferrooxidans have been reported and whole-genome
sequencing has been performed for nine isolates. The strain A. ferrooxidans ATCC23270 was
chosen as the model strain in this genus because of its extensive description in the literature
and its wide usage [15]. It can oxidize ferrous iron, reduced inorganic sulfur compounds
(RISCs) and hydrogen to generate energy as ATP. Additionally, it can fix atmospheric
carbon dioxide and nitrogen as nutrition sources [16]. A. ferrooxidans has been successfully
applied to recover metals such as copper, nickel, zinc, arsenic and uranium from low-grade
ores, sewage sludge and contaminated sediments [13].

A. ferridurans is a species reclassified from A. ferrooxidans by Hedrich and Johnson [17]
in 2013 because the species’ DNA–DNA hybridization (63%) was lower than the thresh-
old value (70%) used to delineate species. Moreover, when comparing A. ferrooxidans
ATCC23270 with A. ferridurans JCM18981 (formerly called A. ferrooxidans ATCC33020),
the latter showed better resistance to lower pH and higher concentrations of Fe2+, Ni2+

and Mg2+ [17,18]. Thus, the genus A. ferridurans might be a good candidate chassis for
industrial applications in the field of biomining and bioremediation. For instance, a newly
isolated A. ferridurans SBU-SH2 was used for flask and column bioleaching from low-
grade uranium ore, which generated 96% and 95.5% uranium extraction in 7 and 26 days,
respectively [19,20]. However, at present, only one whole-genome sequence of A. fer-
ridurans species, A. ferridurans JCM18981 isolated from uranium drainage water in Japan,
is available [21]. The limited genome information of A. ferridurans species hinders our
understanding of the mechanism and evolutionary history underpinning its unique metal
and acid resistance.

In our previous study, a dominant strain belonging to the Acidithiobacillus genus was
found based on 16S rRNA gene sequence analysis, which took up 92.6% of the enriched
culture from acid mine drainage (AMD) in Sudbury, Canada [22]. After whole-genome
sequencing and assembly, we reclassified and named it as A. ferridurans JAGS based on
simple 16S rRNA gene and ANIb analyses and announced its genome [23]. To better un-
understand this strain and provide useful data for future research, a detailed genomic
analysis was further performed in this study. First, a side-by-side comparison of iron, nickel
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and low-pH tolerance between A. ferridurans JAGS and A. ferrooxidans ATCC23270 was
conducted. To reveal the genetic traits associated with heavy metal and acid resistance in
isolate JAGS, its genomic data were compared with the reported genomes of Acidithiobacillus
strains. A pan-genome analysis was further conducted on these genomes to explore the
metabolic features leading to the diversity of physico-biochemical traits. Functional genes
and pathways responsible for heavy metal and acid resistance were analyzed and compared.
A mobile genetic element analysis further suggested that gene transfers among these strains
likely enabled adaptation to challenging environments. The insights gained in this study
enhanced our understanding of the mechanism and evolutionary history of heavy metal
and acid resistance in A. ferridurans and we suggest possible approaches for engineering
A. ferridurans as a microbial chassis for biomining processes.

2. Materials and Methods

2.1. Culture Media, Phenotypic and Growth Observations

The strain A. ferridurans JAGS was isolated from acidic mine drainage in our previous
study [22]. It was the dominant species and made up 92.6% of the enriched culture, based
on 16S rRNA gene sequence analysis. The strain A. ferrooxidans ATCC23270 was purchased
from American Type Culture Collection (ATCC). The phenotypic features of isolated JAGS
were observed on a light microscope (Nikon Eclipse E400, Nikon, Melville, NY, USA) and a
scanning electron microscope (FEI XL30 SEM, Philips, Eindhoven, Holland), separately.
The strain JAGS was cultured with either 9K-Fe2+ (160 mM ferrous iron, pH 2.0) or 9K-S0

(0.5% elemental sulfur, pH 3.0) at 30 ◦C with shaking at 180 rpm or with 2:2 solid medium
in an incubator at 30 ◦C [24].

The abilities to tolerate elevated concentrations of ferrous iron and nickel and low pH
were tested in a side-by-side comparison between A. ferridurans JAGS and A. ferrooxidans
ATCC23270. Cultures grown in the 9K-Fe2+ medium were inoculated at a ratio of 20%
into the same medium with Fe2+ (200 or 320 mM), Ni2+ (100 or 200 mM) or at pH 1.5 and
then incubated at 30 ◦C for 22 h. The Fe2+ concentration was tested by the colorimetric
ferrozine-based assay [25] and the ferrous iron oxidation rate was calculated by using
consumed Fe2+ divided by its initial concentration, as in a previous study [26].

The growth features of A. ferridurans JAGS in 9K-Fe2+ or 9K-S0 medium were fur-
ther monitored by detecting pH, iron or sulfate concentrations and cell numbers during
incubation by removing samples at intervals. The pH value was detected using a pH
meter (Thermo Scientific®, Orion Star A211, Waltham, MA, USA). Ferrous and ferric iron
concentrations were examined by the colorimetric ferrozine-based assay [25]. Sulfate was
detected using a turbidimetric method [27]. Three cell-counting methods were tested: di-
rect cell counting, optical density (OD600) measurements and plate counting. For the direct
cell-counting method, samples were taken from media and cell numbers were estimated
using a hemocytometer (Hausser Scientific, Horsham, PA, USA). For the OD600 method,
cells were harvested, washed twice with a basal salt buffer (4.5 g/L (NH4)2SO4, 0.15 g/L
KCl and 0.75 g/L MgSO4·7H2O) and resuspended in 6% betaine prior to measurements.
The plate counting was carried out by spreading proper diluted samples on 2:2 solid plates
and colonies were counted after 7–10 days.

2.2. Comparative Genomics

Details of A. ferridurans JAGS genomic DNA extraction, sequencing, assembly and
annotation are described in our previous paper [23]. The complete genome sequence of
the isolate JAGS contains 2,933,811 bp with a GC (guanine-cytosine) content of 58.6%.
The Similar Genome Finder service on the PATRIC website was used with the default
parameters to find the other similar Acidithiobacillus genomes published and to calculate
their Mash/MinHash distances with isolate JAGS [28]. For these genomes, average nu-
cleotide identities based on BLAST (ANIb) and MUMmer (ANIm) were calculated in
JSpeciesWS [29]. Genome alignment among four whole-genome sequences was achieved
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using progressiveMauve within PATRIC [30]. Genes related to acid stress and metal resis-
tance were analyzed using PATRIC and created with BioRender (https://biorender.com).

2.3. Pan-Genome Analysis

NCBI PGAP [31] was used to predict coding sequences for A. ferridurans JAGS and
8 other Acidithiobacillus genomes, and these amino acid sequences were used as the input
for the Bacterial Pan-genome Analysis tool (BPGA ver. 1.2) to estimate core and pan genomes
using the USEARCH program (ver. 9.0) available in BPGA, with a 50% cut-off of sequence
identity [32]. The empirical power law equation f(n) = a × nα and the exponential equa-
tion f1(n) = c × e(d.n) were used for extrapolation of the pan and core genome curves,
respectively. Core, accessory and unique genes defined in USEARCH were mapped into
various cluster of orthologous group (COG) categories and Kyoto Encyclopedia of Genes
and Genomes (KEGG) pathways. The EggNOG (ver. 5.0.0) program [33] with default pa-
rameters was further used to cluster genes into functionally related groups and to analyze
metabolic pathways.

2.4. Prediction of Mobile Genetic Elements

Insertion sequences (ISs) and transposases (Tn) distributed over the 9 Acidithiobacillus
genomes were predicted and classified using the ISFinder platform with manual inspection
of search hits (E-value ≤ 10−5) [34]. IslandViewer (ver. 4), which has integrated the three
most accurate and complementary genomic islands (GIs) prediction tools, IslandPath-
DIMOB, SIGI-HMM and IslandPick [35], was applied for the computational identification
of putative GIs. In addition, the web tool CRISPRFinder was mainly used to identify
the Clustered Regularly Interspaced Short Palindromic Repeats-Cas protein (CRISPR-
Cas) array.

3. Results and Discussion

3.1. Phenotypic and Growth Features

The genus of Acidithiobacillus is widely distributed in natural environments such as
acid mine drainage (AMD) settings. We isolated an Acidithiobacillus strain from an AMD
sample collected from Sudbury, Canada, and named it A. ferridurans JAGS in our previous
study [23]. Orange-brown colonies of isolate JAGS formed on solid media, taking the shape
of dots after 10 days of incubation (Figure 1A). The cells of isolate JAGS collected from
9K-Fe2+ liquid media showed single and paired rods, approximately 0.5–1.5 µm long and
0.3 µm wide (Figure 1B), which is slightly smaller than the reported A. ferrooxidans that is
1–2 µm long and 0.3–0.6 µm wide.
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Figure 1. Differentiation of Acidithiobacillus ferridurans JAGS from closely related species. (A) Colony morphologies of
A. ferridurans JAGS observed under 40× optical microscopy for both top and bottom images. (B) Cell morphology observed
under SEM. (C) Ferrous iron oxidation rates of A. ferridurans JAGS and A. ferrooxidans ATCC23270 under different pressures
of Fe200 (200 mM Fe2+), Fe320 (320 mM Fe2+), Ni100 (100 mM Ni2+), Ni200 (200 mM Ni2+) and pH 1.5. ** indicates p < 0.01.
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The species of A. ferridurans was reported to have a notably higher tolerance to
many metals such as Fe2+, Ni2+ and Mg2+ and lower pH when compared with other
Acidithiobacillus species [17,18]. In addition, there is 0.5–1% Ni existing in the pyrrhotite
tailings of Sudbury [36]. Therefore, we compared the Fe2+ oxidation rate (%) between
A. ferridurans JAGS and A. ferrooxidans ATCC23270 under elevated concentrations of Fe2+

and Ni2+ and low pH pressures (Figure 1C). The results showed that isolate JAGS had
higher Fe2+ oxidation rates compared with ATCC23270 under high concentrations of Fe2+

and low pH values but similar levels of Fe2+ oxidation rates under high concentrations
of Ni2+. These results indicated the adaptation of A. ferridurans JAGS to the acid mine
drainage in Sudbury and suggested that it might be a great candidate as the ferrous oxidizer
in low-pH bioleaching.

The growth features of A. ferridurans JAGS in culture media with 9K-Fe2+ and 9K-S0

were investigated (Supplementary Material Figure S1). Figure S1A,B present a standard
curve of OD600 versus the cell count obtained by plate counting. When OD600 = 1, we
estimated that there were 8.8 × 109 cells/mL of A. ferridurans JAGS, which is slightly higher
than the reported number of A. ferrooxidans (8.3 × 109 cells/mL) [37]. This may be due
to the smaller cell size of isolate JAGS that causes it to absorb less light in the cuvette.
We noted that counting cells of isolate JAGS was difficult due to its very low cell density
in the lag phase and the interference of precipitate formation in the exponential phase.
Therefore, monitoring growth required indirect tracking via changes in the pH and electron
donor concentrations, but this was corroborated with data from OD600 measurements
and the plate count method. The growth behavior of isolate JAGS in 9K-Fe2+ (Figure S1C)
and 9K-S0 culture media (Figure S1D) shared similarities with what was reported for
A. ferrooxidans ATCC 23270 [38,39], which indicates a close relationship between the two
species. However, the cell numbers examined by OD600 were much lower than those
obtained by the plate count method, which is likely due to the cells lost during the process
of precipitate removal prior to OD600 measurements.

3.2. Genomic Features

To better understand the isolated strain A. ferridurans JAGS, its genome was sequenced
(GenBank: CP044411) and analyzed. The genome of A. ferridurans JAGS is a single circular
chromosome comprising 2,933,811 bases with a GC content of 58.56%, which contains
3001 protein-coding sequences (CDSs), 46 tRNAs and 6 rRNAs [23]. The genomic features
of A. ferridurans JAGS are quite similar to those of A. ferridurans JCM18981, which are
2,921,399 bases with 58.4% GC content, containing 3026 CDSs, 47 tRNAs and 6 rRNAs.

To explore the relationship of A. ferridurans JAGS with other Acidithiobacillus species,
the Similar Genome Finder service from PATRIC was used to find similar genomes with
isolate JAGS as the reference. There were eight Acidithiobacillus genomes found (Table 1).
These strains were collected from different environments but mainly from acid mine waters.
Their genomes varied in size from 2.7 to 3.2 Mb, with total CDS numbers ranging from
2634 to 3179. For the Mash/MinHash distances, A. ferridurans JCM18981 and A. ferrooxidans
IO-2C showed the closest distance with A. ferridurans JAGS compared to the other six
strains, which suggests that the IO-2C strain might be incorrectly classified. Based on the
average nucleotide identity (ANI) relatedness analysis, it appears that the strains JAGS,
JCM18981 and IO-2C are all A. ferridurans species as they shared ANI values >98% with
each other (Table 1 and Table S1), which is larger than the reported threshold of ≥96% for
classification [14].

Genome alignment among the complete-genome sequences of A. ferridurans JAGS,
A. ferridurans JCM18981, A. ferrooxidans ATCC53993 and A. ferrooxidans ATCC23270 was
performed using progressiveMauve [24] and is shown in Figure 2. Surprisingly, the
genomic arrangement of A. ferridurans JAGS had better co-linearity with A. ferrooxidans
ATCC53993 and A. ferrooxidans ATCC23270 than with A. ferridurans JCM18981. The same-
color blocks suggest high conservation of gene orders among multiple genomes that
are likely inherited through vertical transfer, while A. ferridurans JCM18981 had a large
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number of gene rearrangements, insertions and/or deletions. This result indicates multiple
recombination events and a rich evolutionary history of A. ferridurans species.

Table 1. General features and genomic comparison (pairwise mutation (Mash) distance, average nucleotide identity (ANI))
between A. ferridurans JAGS and selected representatives.

Genome
Name

Geographic Origin Contigs
Genome

Size
GC%

No. of
CDS

BioProject
Accession

Mash
Distance

ANIb ANIm

A. ferridurans
JAGS

Acid mine drainage,
Canada 1 2,933,811 58.6 3001 PRJNA573091 - - -

A. ferridurans
JCM18981

Uranium mine
drainage water,

Japan
1 2,921,399 58.4 3026 PRJDB7175 0.0090 99.13 99.66

A. ferrooxidans
IO-2C Acid seep soil, USA 23 2,716,894 58.7 2634 PRJNA432283 0.0136 98.69 99.23

A. ferrooxidans
ATCC53993 - 1 2,885,038 58.9 2826 PRJNA16689 0.0446 94.98 95.51

A. ferrooxidans
RVS1

Andacollo gold
mining area,
Argentina

49 2,826,311 58.8 2705 PRJNA499028 0.0463 94.68 95.33

A. ferrooxidans
CCM4253

Mine waters, Czech
Republic 15 3,196,562 58.6 3059 PRJNA475418 0.0480 94.70 95.32

A. ferrooxidans
YQH-1

Wudalianchi
volcano water, China 96 3,111,222 58.6 3089 PRJNA294114 0.0482 94.71 95.34

A. ferrooxidans
Hel18 Flue dust 123 3,109,160 58.6 3179 PRJNA308169 0.0484 94.69 95.34

A. ferrooxidans
ATCC23270

bituminous coal
mine effluent 1 2,982,397 58.8 3147 PRJNA53 0.0493 94.76 95.37

Note: Average nucleotide identity (ANI) based on BLAST+ (ANIb) and MUMmer (ANIm).

             
 

 

        ‐                      
                               

 ≥        

                           
               

               
   
 

  ‐
 

  ‐
 

   

   
 

                  ‐  ‐  ‐ 

    
 

       
 

               

   
‐  

                       

   
 

‐                 

   
 

        ‐
                 

   
 

                       

   
‐  

     
 

               

   
 

                   

   
 

                       

                       

        ‐              
                    ‐

                         
              ‐          

                    ‐    
                        ‐

                           
                 

                   

 

Figure 2. Whole-genome alignment of A. ferridurans JAGS, A. ferridurans JCM18981, A. ferrooxidans ATCC53993 and
A. ferrooxidans ATCC23270. Locally collinear blocks (LCBs) identified by Mauve are color-coded; links between LCBs
are indicated by the thin colored lines.

3.3. Pan-Genome and Functional Gene Analysis

Pan-genome analysis was carried out using the Bacterial Pan-genome Analysis (BPGA)
tool to provide insights regarding genomic features, diversity and evolution [32]. It is
well accepted that more than five genomes in a pan-genome analysis could provide suf-
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ficient data for extrapolation of the information for species [40]. In this study, genomes
of A. ferridurans JAGS and eight other strains of A. ferridurans and A. ferrooxidans were
used for the pan-genome analysis since we wanted to investigate the genetic diversity and
ecological adaption of these two species. As shown in Figure 3A,B, according to the Heaps’
Law function (f(n) = 2819.13n0.22), the pan genome is open as the γ was calculated as 0.22,
which means that the addition of new genomes will provide novel genes and it indicates
evolutionary changes in these genomes [41]. The pan genome contains a total of 4601 genes,
of which 1982 genes are in the core genome and 1064 genes are in the unique genome.
The richness of unique genes in A. ferridurans JAGS, JCM18981, IO-2C and A. ferrooxidans
ATCC23270 suggests that they may actively exchange genes with other genera to adapt to
different environmental conditions.
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Figure 3. Pan-genome and EggNOG analysis. (A) Core-pan plot of studied Acidithiobacillus genomes; (B) Venn diagram
of the pan genome; (C) pie charts of cluster of orthologous groups (COGs) of studied A. ferridurans and A. ferrooxidans

strains and E. coli MG1655 (reference). Note: In Figure 3C, the numbers represent the percentage of each category. A, RNA
processing and modification; B, Chromatin structure and dynamics; C, Energy production and conversion; D, Cell cycle
control and mitosis; E, Amino acid metabolism and transport; F, Nucleotide metabolism and transport; G, Carbohydrate
metabolism and transport; H, Coenzyme metabolism; I, Lipid metabolism; J, Translation; K, Transcription; L, Replication
and repair; M, Cell wall/membrane/envelope biogenesis; N, Cell motility; O, Post-translational modification, protein
turnover, chaperone functions; P, Inorganic ion transport and metabolism; Q, Secondary structure; T, Signal transduction; U,
Intracellular trafficking and secretion; V, Defense mechanisms. The categories of “R, General functional prediction only”
and “S, Function unknown” were omitted.

The cluster of orthologous group (COG) distributions of the annotated genes for each
studied Acidithiobacillus strain are illustrated in Figure 3C. These COGs fell into 20 COG
classes, not including “General functional prediction only” and “Function unknown”.
Escherichia coli MG1655 was used as a reference, which showed that E. coli had the highest
portion of genes corresponding to (K) Transcription, while Acidithiobacillus strains showed
higher portions of functional genes related to (L) Replication, recombination and repair
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(10.7–14%) and (M) Cell wall/membrane/envelope biogenesis (9.4–10.9%). This was not
surprising given that these categories of proteins have been reported to be necessary for
acid and heavy metal resistance and, likely, long-term adaptation mechanisms to extreme
environments [42]. When the two Acidithiobacillus species were compared, A. ferridurans had
more genes associated with functions supporting (C) Energy production and conversion
(9.7–9.9%), while A. ferrooxidans had more genes related to the function of (P) Inorganic ion
transport and metabolism (8.5–9.2%).

3.4. Genetic Mechanisms of Acid Stress and Metal Resistance.

In response to acidic heavy metal stress, acidophiles have developed different genetic
mechanisms to survive and they are described, which can be very complex [43,44]. The
metabolic diversity and adaptive mechanisms of Acidithiobacillus spp. responding to ex-
tremely acidic environments have been reviewed [45] and are beyond the scope of this
study. Here, we focused on five major mechanisms (Figure 4A) for acid and heavy metal
resistance in representative Acidithiobacillus strains by analyzing related gene clusters: (1) a
membrane barrier created by outer membrane proteins (Omp40) and hopanoids; (2) main-
tenance of a membrane potential by influx of potassium and sequestration of metal ions
intra-/extracellularly; (3) active removal by antiporters or exporters; (4) decarboxylation
and detoxification; and (5) DNA and protein repair systems.             
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Figure 4. Overview of adaptive strategies for acid and heavy metal resistance. Potential resis-
tance mechanisms (A) and comparisons of operons for kdp (B), mer (C) and ars (D) genes among
Acidithiobacillus strains. Kdp, a high-affinity K+ transport system; mer, Hg2+-resistant genes; ars,
As2+/3+-resistant genes.

266



Minerals 2021, 11, 74

The mechanisms responsible for acid stress resistance are complex. We analyzed
relevant genes in A. ferridurans JAGS and listed them in Table S2 (Supplementary Materials).
OMP40 (Gene ID: F6A13_00370) was discovered and it was previously reported as an
anionic porin in the outer membrane to restrict the influx of protons in A. ferrooxidans [46].
A number of genes coding for hopanoid-synthesis proteins were identified in the isolate
JAGS genome, including a glycosyltransferase (HpnB, Gene ID: F6A13_01630) and a cluster
for hopanoid-associated proteins, a squalene-hopene cyclase and a squalene synthase
(HpnMHNKJIAG-Sch-Sqs, Gene IDs: F6A13_09105–09160). Hopanoid is an important type
of bacterial lipid that can alter membrane fluidity and permeability to restrict H+ influx. It
was reported to be synthesized from squalene by SHC, HpnG and other proteins enriched
in the outer membrane by a transporter HpnN, although the functions of some factors are
still unknown [47].

The Na+/H+ antiporter (Gene IDs: F6A13_09475, 04755) can export excess protons
by coupling the uptake of Na+, while decarboxylases (SpeA, PanD and Psd; Gene IDs:
F6A13_06090, 14595, 04545) will consume excess protons in the cytoplasm. For most
of the proteins, the interspecies identities ranged from 94% to 98%, while intraspecies
identities were 100%. Interestingly, we found the A. ferridurans JAGS genome to pro-
cess three kdp clusters (kdpEDFABC, Gene IDs: F6A13_09590-09605; kdpFABC, Gene IDs:
11020–11005; kdpFA, GeneIDs: 11030–11025), similar to other A. ferrooxidans strains. How-
ever, A. ferridurans JCM18981 and IO-2C only had one kdp cluster (Figure 4B). The kdp
clusters code for a high-affinity K+ transport system, which could generate a reversed mem-
brane potential through the active influx of K+ to cope with acid resistance [48]. In Figure S2
(Supplementary Material), a neighbor-joining (NJ) phylogenetic tree is constructed based
on the kdpA protein sequences. Even though A. ferridurans JAGS had a similar pattern
of kdp clusters to A. ferrooxidans species (Figure 4B), its kdpA (I) showed higher sequence
identity with the other A. ferridurans strains, suggesting that kdp clusters can be acquired
more than once in these genomes and have redundancy.

We also tried to find genes involved in heavy metal resistance pathways in A. ferridu-
rans JAGS (Figure 4 and Table S2). In total, eight genes (Gene IDs: F6A13_04860, 04905,
04925, 04945, 08625, 10865, 10890, 11740) were predicted to code for p-type ATPases to trans-
port Pb2+, Cd2+, Zn2+, Hg2+ and Cu2+ [49]. Similar numbers of these genes were detected in
ATCC53993 (8) and JCM18981 (9), while only 5–6 genes were found in other strains. Some
of these genes are highly similar, such as the genes F6A13_10865 and F6A13_04945, which
indicates gene duplication within a genome. There are several other clusters belonging to
the Resistance-nodulation-division (RND) transporter system, in the czc or znu families,
which corresponds to Ni2+, Mn2+, Fe2+/3+, Mo2+, Co2+, Cd2+ and Zn2+ and CorAC for
Mg2+/Co2+ export. We also noticed that these Acidithiobacillus strains possessed two types
and several copies of czcABC clusters located at different sites, suggesting that czc clusters
may be acquired more than once from different origins. Overall, this pattern of redundancy
of resistance clusters in Acidithiobacillus suggests that it is part of the adaptive strategy for
survival in acidic heavy metal conditions.

We also found genes coding for proteins related to mercury (Hg2+) and arsenic
(As2+/3+) resistance. The operons we found for Hg2+ resistance in Acidithiobacillus strains
are summarized in Figure 4C. There were two subgroups of mer clusters detected, merRTPA
and merCAD. A. ferridurans JAGS and A. ferrooxidans CCM4253, Hel18, RVS1 and YQH-1
possessed both mer clusters, while A. ferridurans JCM18981 and IO-2C lacked the merCAD
cluster. An intact merRTPA cluster was not detected in A. ferrooxidans ATCC23270 and
ATCC53993, although ATCC53993 had two copies of merR. The merA in the merCAD cluster
exhibited 100% identity in all selected strains, suggesting that merCAD might come from the
same donor. Therefore, we further investigated the genetic context of the cluster merCAD
and found it adjacent to kdpCBAFAF clusters. The DNA sequences of the kdpCBAFAF–
merCAD clusters (11,906 bp) in A. ferridurans JAGS share 100% identity and 100% coverage
with A. ferrooxidans ATCC53993, ATCC23270, RVS1 and CCM4253 and 100% identity with
less coverage for A. ferrooxidans Hel18 and YQH-1, possibly due to incomplete sequencing.
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This indicates that the kdpCBAFAF–merCAD clusters might come from a same donor via a
horizontal gene transfer (HGT) event [14]. Two predicted mobile element proteins (Gene
IDs: F6A13_10980, 10985) were found upstream of the kdpCBAFAF–merCAD clusters in
isolate JAGS, supporting the HGT hypothesis.

Annotation of arsenic resistance clusters included arsHBRCDA, arsHRBC, arsCDA,
arsRC and arsM in the studied genomes. A. ferridurans JAGS possessed all of these clusters,
while the arsCDA and arsRC clusters were absent in A. ferridurans JCM18981 and the studied
A. ferrooxidans strains. The largest abundance of ars clusters in isolate JAGS compared with
other strains might contribute to its dominance in our metal-rich mine drainage sample.
Besides, the analysis of arsC protein sequences further suggested that the ars clusters
arsHBRCDA, arsHBRC and arsRC are likely acquired from different donors during evolution.
Since it was also reported that gene copy number alterations can benefit microorganisms’
survival under selective pressure [50], we hypothesize that A. ferridurans JAGS might have
gained ars clusters from other species during adaption to the metal-rich environments.

In summary, compared to the other Acidithiobacillus strains that we studied, A. ferridu-
rans JAGS had several genes and considerable redundancy that likely contributes to its acid
and heavy metal resistance, which highlights its strong potential for usage in biomining
processes, especially for cinnabar (HgS) or arsenopyrite (FeAsS) tailings. Additionally, we
speculate that A. ferridurans JAGS might be an intermediate species between A. ferrooxidans
and A. ferridurans based on the evidence of the gene cluster types and genomic structure
(Figure 4) and the genome alignment result (Figure 2).

3.5. Mobile Genetic Elements Analysis

Mobile genetic elements (MGEs) play a great role in genome plasticity and evolu-
tion, shaping both genes and genomes to respond to drastic changes in environmental
conditions [51]. MGEs, including insertion sequences (ISs) and genomic islands (GIs), are
listed in Table 2. The number of ISs per strain ranged from 38 (A. ferridurans IO-2C) to
78 (A. ferridurans JAGS and A. ferridurans JCM18981), which might be due to the genome
assembly level. High similarity regarding IS type was observed in all studied strains:
IS1595, IS21, IS3, ISL3 and Tn families, which were the most common IS families. IS3 was
the most abundant family. However, closer inspection demonstrated several differences.
For instance, A. ferridurans JAGS has a much higher number of IS1595 when compared
with other species. The nine genomes harbored 19–26 GIs ranging from 4 to 158 kb in size,
representing many versatile gene pools. Several ISs, such as IS110 and IS66, were presented
in the predicted GIs, suggesting that these putative GIs were likely acquired by horizontal
gene transfer. In addition, GIs carrying mercury resistance genes (merRTPA) were found
in all A. ferridurans species but not in the model strains A. ferrooxidans ATCC23270 and
A. ferrooxidans ATCC53993, which might provide A. ferridurans with an adaptive advantage
in mercury-rich environments.

Furthermore, we examined the clustered regularly interspaced short palindromic
repeats (CRISPR) systems in all studied genomes using the CRISPRCasFinder [52]. Inter-
estingly, A. ferrooxidans ATCC23270 was the only strain with a predicted CRISPR system.
One unique type IV Cas cluster (csf4-1-2-3) and five spacers presented in the vicinity were
found and presumed to function in conjunction with other CRISPR arrays [53].
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Table 2. The prediction of mobile genetic elements including insertion sequences (ISs) and genomic islands (GIs) of the
Acidithiobacillus strains studied.

A. The Putative Insertion Sequences

IS Family JAGS JCM18981 IO-2C ATCC53993 CCM4253 ATCC23270 RVS1

IS110 3 3 1 4 4 3 1
IS1182 0 1 0 1 0 0 -
IS1595 15 1 3 6 0 1 -
IS1634 2 6 4 2 1 6 -

IS200/IS605 3 2 0 1 0 2 -
IS21 7 17 3 9 6 17 1
IS256 7 7 0 2 2 7 -

IS3 21 23 14 21 22 23 -
IS481 1 0 0 1 1 0 -

IS5 1 1 2 12 2 1 -
IS66 2 2 2 2 2 2 -
IS7 1 1 1 1 1 1 -

ISL3 8 8 7 7 8 8 -
Tn 7 6 1 5 3 6 -

In total 78 78 38 74 52 77 -

B. The Predicted Genomic Islands

GI No. 22 22 20 21 26 21 19
Size range (Kb) 4–42 4–46 4–28 4–158 4–63 4–25 4–35

Note: Since RVS1, Hel18 and YQH-1 have many contigs, ISFinder and IslandViewer cannot predict ISs and GIs exactly, respectively.

4. Conclusions

In the present study, we provide the growth characteristics and genomic insights of a
newly isolated strain, A. ferridurans JAGS. The growth features of isolate JAGS in 9K-Fe2+

and 9K-S0 liquid media are similar to the A. ferrooxidans type strain ATCC23270, but it shows
a higher oxidation rate under elevated concentrations of Fe2+ and low pH. Genomic com-
parison and pan-genome analysis among nine strains of two species of A. ferridurans and
A. ferrooxidans revealed obvious genetic differences between the two species. A. ferridurans
JAGS showed a closer evolutionary relationship with other A. ferridurans species but a
higher similarity of genomic structure with the A. ferrooxidans strains. This suggests that
A. ferridurans JAGS might be an intermediary strain. Investigations of gene clusters (kdp,
mer and ars) and mobile genetic elements indicated that there have been frequent gene
transfers between their genomes during evolution. The high abundance of acid and metal
resistance genes found in A. ferridurans JAGS points to its unique abilities to survive in
harsh mining environments, which highlights its strong potential for applications in bio-
mining processes. Further transcriptomic and proteomic analyses are required to find the
exact genes, proteins and possible mechanisms that lead to the increased resistance of the
isolate JAGS strain.

Supplementary Materials: The following are available online at https://www.mdpi.com/2075-1
63X/11/1/74/s1, Figure S1: Growth features of A. ferridurans JAGS. (A) Standard curve of optical
density (OD600) versus cell numbers obtained by plate count method. (B) Colonies on 2:2 solid
medium for cell count. (C) Growth on 9K-Fe2+ medium, (C1) pH value; (C2) Fe oxidation; (C3) cell
numbers by OD600; (C4) cell numbers by plate count method. (D) Growth on 9K-S0 medium, (D1) pH
value; (D2) sulfur oxidation; (D3) cell count by OD600; (D4) cell numbers by plate count method.
Figure S2: Neighbor-joining (NJ) phylogenetic tree of the kdpA protein sequences derived from nine
Acidithiobacillus strains. Bootstrap values indicated at each node are based on a total of 500 bootstrap
replicates. Table S1: Average nucleotide identity (ANI) (%) based on whole-genome alignments
among Acidithiobacillus strains by JSpeciesWS. Table S2: Genes predicted to be involved in acid and
heavy metal tolerance in A. ferridurans JAGS.
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Abstract: Metallic mineral deposits represent natural geochemical anomalies of economically valu-
able commodities but, at the same time, their weathering may have negative environmental im-
plications. Cu-sulfide mineral deposits have been recognized as deposits with a particularly large
environmental footprint. However, different Cu deposits may result in significantly different environ-
mental impacts, mostly depending on weathering conditions, but also on geological characteristics
(mineralogy, geochemistry, host-rock lithology) of the Cu mineralization. This study presents new
mineral and geochemical data from the Repparfjord Tectonic Window sediment-hosted Cu deposits
and the Caledonian volcanogenic massive sulfides (VMS) deposits. The deposits share similar min-
eral features, with chalcopyrite and bornite as the main ore minerals, but they differ according to their
trace element composition, gangue mineralogy, and host lithology. The studied sediment-hosted Cu
deposits are depleted in most toxic metals and metalloids like Zn, As, Cd, and Hg, whereas the Røros
Caledonian VMS mineralization brings elevated concentrations of Zn, Cd, In, Bi, As, and Cd. The
conducted leaching experiments were set to simulate on-land and submarine weathering conditions.
A high redox potential was confirmed as the main driving force in the destabilization of Cu-sulfides.
Galvanic reactions may also contribute to the destabilization of minerals with low rest potentials, like
sphalerite and pyrrhotite, even under near-neutral or slightly alkaline conditions. In addition, the
presence of carbonates under near-neutral to slightly alkaline conditions may increase the reactivity
of Cu sulfides and mobilize Cu, most likely as CuCO3 (aq).

Keywords: Cu-sulfide ore; Nussir; Ulveryggen; Røros VMS deposit; leaching tests; submarine
weathering conditions; on-land weathering conditions

1. Introduction

Copper is one of the most widely used mineral commodities in modern society,
with a particular importance to electronics, electrical power generation, and the renew-
able energy sector, as well as in electric vehicle technologies [1–3]. In nature, Cu can
be found in various types of mineral deposits, but in addition to the Cu-porphyry type
(e.g., Chuquicamata, Chile [4]; El Teniente, Chile [5]; Ok Tedi, Papua New Guinea [6]),
deposits of volcanogenic massive sulfides (VMS) and Cu-sediment hosted types represent
the most important sources of Cu. Worldwide, 20 million tons (Mt) of copper was the total
mine production in 2020 [7]. This number decreased from 24.5 Mt in 2019 due to COVID-
19 lockdowns in April and May [8]. Chile remains the major copper producer (5.7 Mt)
followed by Peru (2.2 Mt), China (1.7 Mt), DR Congo (1.3 Mt), and the US (1.2 Mt) [9].
A range from 60% to 75% of copper is mined from porphyry-copper deposits [10], 20% from
sediment-hosted Cu deposits [11], and around 6% of Cu is mined from VMS deposits [12].

In this study, sediment-hosted Cu mineralization is represented by samples from the
Nussir and Ulveryggen Cu deposits, from the Repparfjord Tectonic Window, while the
Røros deposit, located within the Upper Allochthon of Scandinavian Caledonides, was
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selected as representative of VMS mineralization (Figure 1). All three deposits are charac-
terized by chalcopyrite and bornite as the main ore minerals, but they significantly differ
in trace element composition, gangue mineralogy, and host lithology. The Ulveryggen
Cu sediment-hosted deposit was mined in the period from 1972 to 1978/79, and tailings
were deposited subaqueously in Repparfjorden. The Nussir deposit has not been mined
yet, but there are plans for start-up mining of both the Nussir and Ulveryggen deposits
in the near future [13]. The mine tailings from this operation are designated to be dis-
posed of subaqueously in Repparfjorden as well. The Røros VMS deposit was mined from
1644 to 1977 [14], and similar to other historic VMS mines along the Scandinavian Cale-
donides, the mine waste material was disposed of on land, and still represents a significant
environmental threat [15].

Mining activities may result in negative environmental impacts due to the accumula-
tion of large quantities of mine waste material, generation of acid mine drainage (AMD),
and dispersion of heavy metals in aquifers, streams, and marine sediments and soils.
Copper has been recognized as a commodity with a particularly large environmental
footprint (e.g., [16–18]); the environmental impact of Cu mines mostly depends on tailings
disposal site conditions and the geological features of Cu mineralization, including mineral,
geochemical, and host lithology characteristics (e.g., [19–22]).

AMD is a major problem associated with mineral deposits, in which Cu occurs in
the form of sulfides (e.g., chalcopyrite, bornite, chalcocite, covellite) or if barren sulfides
(e.g., pyrite, marcasite, pyrrhotite) represent asignificant component in the ore mineral
assemblage (e.g., [23,24]). The consequences are often severe, leading to a lowering of the
pH of contaminated aquifers, and release of metals and metalloids into the environment
(e.g., [25–29]). Traditionally, tailings have been deposited in subaerial conditions, but sev-
eral countries including Norway, practice subaqueous deposition [30]. Since subaqueous
deposition in particular raises environmental concerns, we have tested the stability of
representative Cu mineral assemblages from two of the most common types of Cu-sulfide
deposits in Norway (sediment-hosted Cu deposits and VMS deposit) in a set of experiments
that simulated subaerial and subaquatic weathering site conditions.

Kinetic leaching tests represent a powerful and relatively inexpensive tool to predict
generation of AMD (e.g., [31]). They are designed to simulate sulfide-weathering processes
in different physicochemical conditions. Kinetic leaching tests can be industrial or per-
formed in the laboratory. Industrial tests are run in leaching columns, heaps, tanks, vats,
dumps, large bins or drums [32]. They are placed in the field and subjected to meteoric
waters, oxygen from the atmosphere, and changing temperature depending on the season.
These tests can be conducted for several months to several years and are infrequently
sampled for concentrations of dissolved metals and metalloids, sulfate, and changing pH
and Eh parameters [33]. The tests can be accelerated by adding additional water [32].

However, more often the leaching tests are performed in miniature versions and
run in laboratory size equipment—batch reactors, leaching columns, and humidity cells
(e.g., [34–42]). The results are later extrapolated or mathematically modelled for larger
volumes [33]. The tests are well-controlled and parameters such as water pH and Eh, metals
and metalloids concentrations are continuously measured. The tests are often accelerated
by increased temperature or the addition of hydrogen peroxide (e.g., [43]). The laboratory
leaching tests also allow determination of an acid neutralizing capacity of gangue minerals
and the acid producing potential of sulfides as well as to test remediation mechanisms,
(e.g., [34,44–46]). However, many authors (e.g., [47]) argue that laboratory tests cannot
be simply extrapolated to the field conditions. For example, a faster oxidation of pyrite
and chalcopyrite from the Aitik site in Northern Sweden was observed in the laboratory
compared to the field conditions [47].

The importance of characterization of ore parageneses and their host rocks was rec-
ognized as an important tool in the prediction of leaching of heavy metals from naturally
contaminated rocks during anthropogenic activities e.g., underground constructions [31].
The tests are designed around primary ore mineralization to observe the oxidation potential
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of major ore minerals, and aim to extrapolate the results of the study to apply to produced
mine tailings. The reactivity of the tailings with the surrounding environment will be
significantly higher due to particle size and an increase in surface energy.

Norway has a long shoreline, and the ore-bearing rocks are often subjected to weath-
ering by seawater. In addition, Norway is one of few countries where subaquatic mine
tailings deposition is permitted. In both cases, it is important to understand the role of
salinity on weathering of sulfides. Therefore, during the experiments seawater was used
together with meteoric water.

The aim of this study is to evaluate the potential environmental impact of the stud-
ied Cu mineralization, considering geological characteristics including mineralogy, geo-
chemistry, as well as the main physicochemical features of subaerial and subaquatic
disposal sites.

2. Geological Settings

2.1. Sediment-Hosted Cu Deposits of Nussir and Ulveryggen, Repparfjord Tectonic Window

The Repparfjord Tectonic Window, Northern Norway, is composed of mafic metavol-
canics and carbonate-siliciclastic sequences that were compressed in a SE-NW direction
during the Svecofennian Orogeny at ca. 1.84 Ga [48,49]. The rocks are metamorphosed
under greenschist to lower amphibolite facies conditions, and [50] determined the age of
host volcanics to be about 2.1 Ga, with Nussir mineralization around 1.765 Ga. The Reppar-
fjord Tectonic Window contains numerous sites with Cu mineralization (e.g., [14,51]), of
which the Nussir (26.7 Mt at 1.13% Cu) and the Ulveryggen (7.7 Mt at 0.81% Cu) deposits
have the greatest implications for the local environment [14,52]. The Nussir deposit is
hosted by a thin (no more than 5 m thick) metadolostone layer that can be traced for several
kilometres (Figure 1A,C), intercalated with metasandstone, metasiltsone and metapelites.
The metasedimentary complex is overlain by a several hundred meters thick metavol-
canic sequence [49,50,53]. Despite the close geographical occurrence of the Nussir and
Ulveryggen deposits, they have different lithologies. The Ulveryggen deposit is hosted
by arkosic metasandstones, metasiltstones, and metaconglomerates with low carbonate
content. Mineralization can be traced for more than 1 km in the northeast direction and
is structurally confined to tight folds [48,49,54,55]. Chalcopyrite, bornite, sphalerite, and
minor pyrite are the main ore minerals at both deposits.

The Nussir mineralization is confined to a thin (up to 5 m thick) dolomitic marble layer
intercalated with metasiltstone, metapelites and metasandstones, localizing the mineralization
within quartz-carbonate veins as well as disseminated in mafic metavolcanics [49,50,54,55].
The major ore minerals at the Nussir and Ulveryggen deposits are chalcopyrite, bornite,
and chalcocite [49,50,54].
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Figure 1. Geological maps showing the locations of the mines in (A) the Repparfjord Tectonic Window: Nussir and
Ulveryggen sediment-hosted Cu deposits, and (B) the Røros area, drawn based on interactive online maps at [56] as well as
modified after [49,55]. The map of Norway in (C) shows the locations of the Nussir, and Røros areas.

2.2. Volcanogenic Massive Sulfide (VMS) Deposit Røros, the Upper Allochthon of
Scandinavian Caledonides

The Røros VMS mining area includes several hundreds of mineralizations in the south-
eastern part of the Upper Allochthon of the Scandinavian Caledonides [57], including the
Røros deposit studied herein. The mineralizations are characterized by predominately chal-
copyrite, sphalerite, pyrite, and galena hosted by interbedded metatuffite, metagraywacke,
and gabbroic sills and dykes [14,58,59].

The Upper Allochthon of Scandinavian Caledonides extends for about 1500 km, from
the Stavanger region in southern Norway to the Barents Sea region in northern Norway.
This first-order tectonostratigraphic unit is dominated by sedimentary and magmatic rocks
derived from the Iapetus Ocean, including ophiolite and island-arc complexes usually
associated with VMS type mineralization (Figure 1B,C; [60–62]).

The Røros mining area in Trøndelag County, south-eastern Norway, hosts numer-
ous occurrences of the VMS type (Figure 1B). Among the largest occurrences are found
at the Storwartz and Olav mines in the eastern sector, and the Kongens mine in the
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north-western sector (Figure 1), with average Cu and Zn contents of about 2.7% and
4.2–5%, respectively [59]. The mineralization is hosted by metagraywacke interbedded
with metatuffites, metabasalts and gabbroic sills and dykes [14,58,59], with major ore
minerals: chalcopyrite, pyrrhotite, sphalerite, and pyrite.

3. Materials and Methods

For this study, representative samples of the Cu sulfide mineralization were selected
from the Nussir and Ulveryggen sediment-hosted Cu deposits, and from the Røros VMS
deposit. Two main types of samples were analyzed: (1) Mineral assemblages composed of
ore and gangue minerals and (2) Individual Cu-sulfide minerals.

Twenty-seven polished thin sections of representative mineral assemblages were
prepared at the Department of Geosciences at UiT The Arctic University of Norway.
Three thin sections represented reference samples for the respective deposits. The ref-
erence samples were studied under a reflective polarizing light microscope and a Zeiss
Merlin Compact Field Emission Scanning Electron Microscope (FE-SEM) equipped with
an energy-dispersive X-ray spectrometer (EDS) at UiT The Arctic University of Norway, to
determine mineral and geochemical characteristics of the ore mineral assemblages prior
to and after the leaching tests. In order to investigate the primary ore, the SEM was run
in a high vacuum regime at 20 kV accelerating voltage, 20 s counting time, and with an
aperture of 60 µm.

In order to simulate weathering processes corresponding to the tailings disposal site
conditions, a set of leaching experiments were performed on the polished thin sections
(Figure 2). The experiments were designed to simulate (Figure 3): (1) Subaquatic vs. on-
land disposal site conditions; (2) Oxidative vs. reductive conditions; (3) Carbonate buffered
vs. carbonate free systems; and (4) Seawater infiltrated vs. meteoric water infiltrated sites
(Table 1). Each thin section was placed in an individual beaker of 400 mL with a height of
10.5 cm and diameter of 8.5 cm. The thin sections were then covered with a 4 cm thick layer
of quartz sand (200 g) for the simulations of on-land conditions, whereas natural marine
sediments (200 g) were used for the simulations of submarine conditions.

Figure 2. (A) Photograph of the test setup; (B) backscattered electron image of chalcopyrite (Cpy) in
assemblage with bornite (Bn) and inclusions of iron oxides (FeO) from unaltered reference sample
E-N-1 (Nussir); (C) backscattered electron image of chalcopyrite (Cpy) with small inclusions of
bornite (Bn) from unaltered reference sample E-U-1 (Ulveryggen); (D) backscattered electron image
of the Røros reference sample E-R-1 showing the mineral assemblage of chalcopyrite (Cpy), sphalerite
(Sph), pyrite (Py), and pyrrhotite (Po).
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Figure 3. Schematic presentation of test settings #1–#8 conditions. Eh and pH are measured in
sediments before the tests. See text for explanation.

The average organic content in the natural marine sediments was 0.82 wt.%
(Supplementary Table S1), whereas the quartz sand was free of organic matter. To test
the influence of redox potential, half of the beakers with quartz sand were doped with
~10 wt.% of organic matter and sealed with parafilm tape to prevent oxidation reactions.
The other half of the beakers were left open during the entire experiment and refilled
with circa 150 mL of meteoric water once per day to ensure oxidative conditions. Pure
calcium carbonate was used to buffer relevant solutions. The experiments were run for
three months, and in order to accelerate the reactions, the beakers were kept in a water
bath at 50 ◦C.

At the end of the experiments, the samples were carefully removed and investigated
under a reflective light microscope. The formation of secondary minerals was studied
by Raman spectroscopy, conducted at UiT The Arctic University of Norway in Tromsø.
A Renishaw inVia confocal Raman microscope equipped with a 532 nm (green) diode laser
was used to identify the mineral phases in the studied ore samples, as well as the degree
of weathering after simulation of weathering conditions under on-land and subaquatic
conditions. The identification was based on Raman spectra published in the literature [63].

Individual grains of Cu sulfides were handpicked under a binocular microscope,
washed in an ultrasonic bath and pulverized in an agate mortar. An amount of 0.5 g was
analyzed for bulk trace element composition at the AcmeLabs (Vancouver, B.C. Canada),
on an ICP MS instrument following the internal LF202 analysis code.
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Table 1. Experimental setups. The cross mark corresponds to the ingredient added to the composition of the mixture.
Sample last digits correspond to the experiment setup number.

Materials Used to Maintain the Designed Conditions

Sample #
Condition

#
Condition Description

Marine
Sediment

Prefabricated
Sand

Sea Water
Meteoric

Water
Organic
Matter

Carbonate

Env-1NS-1
Env-2Ulv-

1
Env-3RS-1

1

Marine sediments,
TOC = 0.82 wt.%.

Carbonate
buffered
Seawater

+
+
+

+
+
+

+
+
+

Env-NS-2
Env-Ulv-2
Env-RS-2

2

Marine sediments,
TOC = 0.82 wt.%.

Carbonate
buffered

Meteoric water

+
+
+

+
+
+

+
+
+

Env-NS-3
Env-Ulv-3
Env-RS-3

3
Marine sediments,
TOC = 0.82 wt%,

non-buffered. Seawater

+
+
+

+
+
+

Env-NS-4
Env-Ulv-4
Env-RS-4

4

Marine sediments,
TOC = 0.82 wt.%,

non-buffered.
Meteoric water

+
+
+

+
+
+

Env-NS-5
Env-Ulv-5
Env-RS-5

5
Quartz sand, TOC=0 wt.%,

carbonate-buffered.
Meteoric water

+
+
+

+
+
+

+
+
+

Env-NS-6
Env-Ulv-6
Env-RS-6

6
Quartz sand, TOC=0 wt.%,

non-buffered. Meteoric
water

+
+
+

+
+
+

Env-NS-7
Env-Ulv-7
Env-RS-7

7
Quartz sand, TOC=10 wt.%,

carbonate-buffered.
Meteoric water

+
+
+

+
+
+

+
+
+

+
+
+

Env-NS-8
Env-Ulv-8
Env-RS-8

8
Quartz sand, TOC=10 wt.%,

non-buffered.
Meteoric water

+
+
+

+
+
+

+
+
+

1 NS—Nussir; 2 Ulv—Ulveryggen; 3 RS—Røros, “+”—present in the experiment

4. Results

4.1. Mineral Analyses
4.1.1. Nussir and Ulveryggen

Mineral analyses show that typical ore assemblages from the Nussir and Ulveryggen
sediment hosted Cu deposits consist of chalcopyrite, bornite, and chalcocite (Figure 2B,C).
The Røros VMS mineralization is represented by massive sulfide bodies predominantly
composed of chalcopyrite, sphalerite, pyrite and pyrrhotite (Figure 2D).

The Nussir dolomitic marble contains rhomboidal-shaped fragments of carbonates that
are up to 5 mm in diameter. The mineralization is confined to crosscutting quartz-carbonate
veins with euhedral to subhedral grains of vein carbonate, which are up to 0.1–0.3 mm
in diameter. Quartz grains are anhedral and about 0.1 mm in diameter. Chalcopyrite is
the dominant Cu mineral together with bornite; the minerals are intergrown and contain
abundant inclusions of pyrite and sphalerite (Figure 2B).

The Ulveryggen arkosic metasandstone contains fragments of quartz and feldspar up
to 0.2 mm in size. The ore minerals are disseminated and they have grown interstitially
between fragments of quartz and feldspar together with muscovite. The main ore minerals
are bornite and chalcopyrite (Figure 2C), with minor amounts of pyrite and chalcopyrite.

4.1.2. Røros

Since the Røros samples were prepared from pieces of massive ore, only ore miner-
als were observed under the microscope. The main ore minerals are pyrrhotite, pyrite,
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chalcopyrite and sphalerite, which show various intergrowth textures. Chalcopyrite,
which is the most abundant mineral, occurs as individual grains that are several cen-
timetres in diameter. Pyrite and pyrrhotite crystals also show large grain-sizes (several
centimetres in diameter), while sphalerite forms small inclusions of less than 0.1 mm in
diameter (Figure 2D).

4.2. Leaching Tests

Experimental conditions #1 (Marine sediments, TOC = 0.82 wt.%; carbonate buffered;
infiltrated with seawater (Figure 3); Ehsed = 239.7 mV, pHsed = 7.64, where Ehsed and pHsed
are values of redox potential and pH for pore water in sediments measured after initial stabi-
lization of conditions, i.e. 60 h after the experiment started) did not affect stability of mineral
assemblages from the Nussir and Ulveryggen deposits (Figures 4A and 5A). However, for the
sample from the Røros VMS deposit, small grains of sphalerite were weathered while some
pyrite grains remained well-preserved (Figure 6A; Supplementary Figures S3H and S4A,B).

Experimental conditions #2 (Marine sediments, TOC = 0.82 wt.%; carbonate buffered;
infiltrated with meteoric water; Ehsed = 247.9 mV, pHsed = 7.31; Figure 3) resulted in
partial oxidation of sulfides from the Nussir and Ulveryggen deposits (Figures 4 and 5B;
Supplementary Figures S1A–C and S2B). As for the experimental conditions #1, small
grains of sphalerite from the Røros VMS deposit were affected (Figure 6B;
Supplementary Figure S4D). Pyrite was partly oxidized along rims, while other parts
remained unaltered (Figure 6B; Supplementary Figure S4C–E). Pyrrhotite was weathered
significantly (Supplementary Figure S4D), and chalcocite was weathered while chalcopyrite
remained unaltered (Supplementary Figure S4C,E).

Experimental conditions #3 (Marine sediments, TOC = 0.82 wt.%; no added carbonates;
infiltrated with seawater; Ehsed = 211.1 mV, pHsed = 7.29; Figure 3) did not affect the samples
from the Nussir and Ulveryggen deposits (Figures 4C and 5C; Supplementary Figure S2D),
but sulfides from the Røros VMS deposit went through extensive oxidation reactions
(Figure 6C; Supplementary Figure S4F,G). Pyrrhotite was oxidized significantly, however
chalcopyrite crosscutting pyrrhotite remained well-preserved (Figure 6C). Pyrite was partly
oxidized along the rims. Covellite was observed along cracks in the pyrite.

Experimental conditions #4 (Marine sediments, TOC = 0.82 wt.%; no added carbonates;
infiltrated with meteoric water; Ehsed = 231.2 mV, pHsed = 7.63; Figure 3) partly affected
the Nussir and Ulveryggen samples: fine-grained fragments were significantly oxidized
(Figures 4D and 5D; Supplementary Figures S1D–F and S2E), while larger grains were partly
oxidized. Chalcopyrite obtained oxidized rims while bornite remained well-preserved
(Supplementary Figures S1D–F and S2E). Chalcocite from the Nussir deposit was partly
oxidized, while chalcocite in contact with pyrite from Ulveryggen remained well-preserved
(Supplementary Figure S2E). The Røros samples were weathered significantly (Figure 6D;
Supplementary Figure S4H). Notably, bornite was weathered to a higher degree than
chalcopyrite. The latter was found in veins within bornite and remained well-preserved
(Supplementary Figure S4H). Oxidized rims were formed around pyrite grains, whereas
pyrrhotite and sphalerite had undergone significant weathering (Figure 6F).

Experimental conditions #5 (quartz sand, TOC = 0 wt.%; carbonate buffered, infiltrated
with meteoric water; Ehsed = 222.6 mV, pHsed = 8.76; Figure 3) affected the sulfides from
all three studied deposits to different degrees. Chalcopyrite and bornite from Nussir were
extensively weathered (Figure 4E; Supplementary Figure S1G), whereas for the Ulveryggen
sample, chalcopyrite and chalcocite were partly weathered while most of the pyrite and
bornite remained well-preserved (Figure 5E; Supplementary Figures S2F–H and S3A). Sul-
fides from Røros were more oxidized in comparison to sulfides from Nussir and Ul-
veryggen. In contrast to pyrite and chalcopyrite, which remained well-preserved or
only partly oxidized, pyrrhotite and sphalerite were significantly weathered (Figure 6E;
Supplementary Figure S5A–C).
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Figure 4. Microphotographs of samples under the reflected light microscope from the Nussir test
runs after 90 days of the weathering experiment. The photographs are taken in crossed polars
and correspond to test setups from 1 to 8 in Table 1. (A) reductive condition #1: well-preserved
chalcopyrite (Cpy) grain (sample ENV-NS-1); (B) reductive condition #2: secondary minerals (SM)
on top of chalcopyrite (Cpy) (sample ENV-NS-2d); (C) reductive condition #3: well-preserved
chalcopyrite, secondary minerals are possibly forming in the cavities in the grain (Sample ENV-
NS-3); (D) reductive condition #4: secondary minerals formed on the surface of chalcopyrite (Cpy,
sample ENV-NS-4); (E) oxidative condition: secondary minerals on the surface of Cpy (ENV-NS-5);
(F) oxidative condition #6: Cpy grain is partly oxidized (ENV-NS-6); (G) oxidative condition #7: well-
preserved assemblage of Cpy and bornite (Bn) (ENV-NS-7); (H) oxidative condition #8: intensively
oxidized chalcopyrite grain (#ENV-NS-8).

Experimental conditions #6 (quartz sand, TOC = 0 wt.%; no added carbonates; infil-
trated with meteoric water; Ehsed = 245.7 mV, pHsed = 7.54; Figure 3) resulted in exten-
sive oxidation of the sulfides from the Nussir and Ulveryggen deposits. Chalcopyrite,
bornite and chalcocite obtained a weathered rim around the grains (Figures 4F and 5F;
Supplementary Figures S1H and S3B,C). Some grains of chalcopyrite were entirely covered
with a thin film of weathering products (Figure 4F). Pyrite from Ulveryggen remained well-
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preserved, but might have accelerated the oxidation of bornite (Supplementary Figure S3C).
Pyrrhotite and sphalerite from the Røros deposit were significantly weathered, whereas
pyrite remained relatively well-preserved with insignificant formation of iron oxides
(Figure 6F; Supplementary Figure S5D). A weathered Cu-containing mineral was also
observed within the pyrite (Supplementary Figure S5D).

Figure 5. Microphotographs of Ulveryggen samples after 90 days of experiments. The photographs
are taken under a reflected light microscope, with crossed polarizers. Setup description is given in
Table 1, (A–H) microphotographs correspond to #1–8 conditions. (A) Intergrowth of chalcocite (Cct)
with bornite (Bn, ENV-Ulv-1); (B) well-preserved chalcopyrite (Cpy) with minor oxidation of fine
grains (ENV-Ulv-2); (C) well-preserved chalcopyrite grains (ENV-Ulv-3); (D) unaltered chalcopyrite
grains (ENV-Ulv-4); (E) partly oxidized chalcopyrite grain with secondary mineral and oxidation
cover on the surface; (F) oxidized Cu sulfide, likely chalcopyrite with secondary minerals formed on
the lateral parts; (G) well-preserved chalcopyrite grain; and (H) micro-assemblage of well-preserved
bornite (Bn) with chalcopyrite.
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Figure 6. Microphotographs of polished thin sections from the Røros deposit after the 90-day experi-
ment. The photographs (A–H) are taken under crossed poles, reflected light microscope and corre-
spond to test conditions #1–8 (Table 1). (A,B) well-preserved pyrite grains (Py) with partly oxidized
sphalerite (Sph) triangles (blue); (C) partly oxidized pyrite with secondary minerals formed on the rim
of Cu-sulfides; (D) oxidation of sulfide mineral assemblages: pyrite (Py), sphalerite (Sph), pyrrhotite
(Po), and secondary minerals likely formed on Cu-sulfides; (E) Intensive oxidation and the forma-
tion of secondary minerals (Cu-ox) of chalcopyrite (Cpy); (F) relatively well-preserved pyrite and
intensely oxidized sphalerite, with minor amount of iron oxides (Fe-ox); (G,H) micro-assemblages of
well-preserved sphalerite (Sph), chalcopyrite (Cpy), pyrite (Py), and pyrrhotite (Po).

Experimental conditions #7 (quartz sand, TOC ≈ 10 wt.%, carbonate buffered,
infiltrated with meteoric water; initial Ehsed = 191.5 mV, pHsed = 7.86; Figure 3) did
not affect the Nussir and Ulveryggen sulfides. The minerals remained well-preserved
(Figure 4G and Figure 5G; Supplementary Figure S3D,E). The Røros ore minerals also
remained almost unaffected, however some pyrite grains were slightly tarnished with
bright blue secondary covellite and brownish iron hydroxides (Figure 6G;
Supplementary Figure S5E,F).
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Experimental conditions #8 (quartz sand, TOC ≈ 10 wt.%, no added carbonates,
infiltrated with meteoric water; Ehsed = 286.1 mV, pHsed = 5.43; Figure 3) resulted in
well-preserved sulfides from the Ulveryggen and Røros deposits (Figures 5H and 6H;
Supplementary Figures S3F,G and S5G). Chalcopyrite from Nussir was observed both as
relatively well-preserved grains (Figure 4H) and significantly weathered grains
(Supplementary Figure S2B).

4.3. Raman Spectroscopy

Raman spectra (Figure 7) obtained from chalcopyrite and pyrite from the Nussir,
Ulveryggen, and Røros deposits suggest formation of new peaks 450 and 500 cm−1 after
exposing samples from the Nussir and Ulveryggen to experimental conditions #2 and #5,
respectively (Figure 7A–D).

Figure 7. Raman spectrometry of chalcopyrite (Cpy) and pyrite (Py) from Nussir, Ulveryggen and
Røros after 90-days of testing in selected conditions. Sample numbers correspond to condition
numbers and can be found in Table 1. Cps—counts per second. A–E: right images are micropho-
tographs of samples under reflected light microscope; left diagrams relate to Raman spot analyses.
A,B—chalcopyrite (Cpy) from the Nussir deposit (sample Env-NS-2, experimental condition #2);
C,D—chalcopyrite (Cpy) from the Ulveryggen deposit (sample Env-Ulv-5, experimental condition
#5); E—pyrite (Py) and F—chalcopyrite (Cpy) from the Røros deposit (sample Env-RS-1, experimental
condition #1).
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4.4. Mineral Chemistry

In addition, to determine the concentration of potentially toxic elements including Cu,
Zn, Ni, Hg, Cd, and As (e.g., [64]), the bulk chemical compositions of hand-picked Nussir,
Røros chalcopyrite as well as Ulveryggen bornite were analyzed (Table 2). The Nussir and
Ulveryggen results are taken from [53].

Table 2. Lithogeochemistry of hand-picked chalcopyrite from the Nussir deposit (NS-35-ccp), bornite
from the Ulveryggen deposit (Ulv-2-bn) and chalcopyrite Røros Mine (RSL-ccp).

Element, ppm LD 1 NS-35-ccp 2 Ulv-2-bn 3 RSL-ccp

As 5 LLD LLD 226.1
Ba 3 12 527 18
Bi 0.1 0.3 0.1 9.9
Cd 0.1 LLD LLD 30
Co 1 85 2 535.9
Cu 10 >10,000 >10,000 >10,000
Hg 0.01 LLD LLD 4.59
Mo 2 LLD 5 6.5
Ni 0.1 100 LLD 7.8
Pb 5 LLD LLD 196.1
Rb 1 LLD 24 2.5
Sb 0.2 LLD LLD 1.8
Sn 1 LLD LLD 8
Tl 0.05 3.69 0.96 2
V 5 5 27 LLD
W 0.5 0.6 LLD 0.7
Zn 30 310 LLD 2942

1 NS—Nussir, 2 Ulv—Ulveryggen, 3 RSL—Røros; Bn—bornite, ccp—chalcopyrite, LD—limit of detection, LLD—
lower than limit of detection, ND—no data.

4.4.1. Nussir and Ulveryggen

The Nussir chalcopyrite contains 100 ppm of Ni, 85 ppm of Co and 310 ppm of Zn.
The content of Bi is 0.3 ppm, while As, Mo, Cd, Sb, Pb, and Hg contents are minor or below
the detection limit. The Nussir chalcopyrite also contains Ba (12 ppm), most likely in the
form of nearly insoluble inclusions of barite.

Ulveryggen bornite contains 2 ppm of Co and 5 ppm of Mo. Nickel, Zn, As, Sn, Sb,
Cd, Pb, and Hg contents are minor or below the detection limit, while the Rb content is
24 ppm. The content of Ba in the Ulveryggen bornite is 527 ppm.

4.4.2. Røros

Chalcopyrite was picked from the crushed Røros sample. The Co content is 535.9 ppm.
The chalcopyrite also contains: Ni 7.8 ppm and Zn 2942 ppm. As content is 226.1 ppm, and
Sn and Sb contents are 8 and 1.8 ppm respectively. Chalcopyrite contains 30 ppm of Cd
and 18 ppm of Ba. The Bi content is 9.9 ppm and Hg content is 4.59 ppm.

5. Discussion

The Cu mineralization found in the Nussir and Ulveryggen sediment-hosted Cu
deposits is characterized by predomination of chalcopyrite, bornite and chalcocite. Mine
tailings from these Cu-sulfide deposits are associated with a high risk for the generation of
acid mine drainage (AMD) because of the high Fe2+/Fe3+ and S2−/SO4

2− ratios in their
mineral assemblages. Furthermore, the Ulveryggen deposit has a low carbonate content
that additionally increases the risk. In contrast, a low content of potentially toxic elements
such as As, Cd, Hg, and Zn in both, reduces their environmental threat [53].

The Røros Cu-Zn VMS deposit, similar to other VMS deposits worldwide [65,66], is
characterized by a polymetallic composition (Table 2). The main ore minerals are sulfides,
including chalcopyrite, bornite, pyrite, and pyrrhotite. High Fe2+ and S2− contents together
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with an absence of carbonates from its mineral assemblages point to a high risk for the
generation of AMD in this deposit (e.g., [23,27,46,67,68]). In addition, the enrichment in
a wide spectrum of potentially toxic metals and metalloids (e.g., As, Bi, Cd, In, and Zn)
magnifies the environmental risk associated with mining activities and/or processes of
natural weathering in this type of ore deposits (e.g., Rio Tinto VMS deposits, the Iberian
Pyrite Belt in Spain [26,28,69–71] and the Britannia Creek VMS deposit, Canada [48]).

Leaching tests are recognized as powerful tools to predict the behavior of sulfides in
different conditions (e.g., [20,32,37,39,40]). Such tests play an important role in the initial
phases of mining planning, while deciding the potential placement of tailings for future
storage. The tests are usually performed in batch reactors specially equipped with sensors
controlling temperature, pH, and the amount of dissolved oxygen (e.g., [39,47,72]). Other-
wise, the tests can be performed in leaching columns (e.g., [32,73]) or in static conditions
(e.g., [46,74]) for periods of several days to several years. The leaching experiments in this
study were designed to test the stability of ore mineral parageneses from three different
Cu deposits under diverse physicochemical conditions (Figure 3, Table 1), and predict the
behavior of ore-bearing mineral assemblages disposed in on-land and submarine condi-
tions. As expected, the high redox potential was the main driving factor in destabilization
of sulfides (e.g., [75]):

4 FeS2 + 15 O2 + 14 H2O ↔ 4 Fe(OH)3 + 16 H+ + 8 SO4
2− (1)

4 FeS + 10 O2 + 9 H2O ↔ 4 Fe(OH)3 + 8 H+ + 4 SO4
2− (2)

4 CuFeS2 + 15 O2 + 14 H2O ↔ 4 Cu2+ + 4 Fe(OH)3 + 16 H+ + 8 SO4
2− (3)

The organic matter content of the natural marine sediments that were used (0.82 wt.%)
was sufficient to prevent oxidation of the sulfides in experimental conditions in which
the sulfide parageneses were exposed to seawater. In the setups with meteoric water,
a different scenario was observed. A lower solubility of oxygen in seawater (4.6 mg/L at
50 ◦C) compared to meteoric water (5.6 mg/L at 50 ◦C) was probably one of the controlling
factors [76]. When sediments were doped with an additional 10 wt.% of organic matter, the
differences between seawater and meteoric water influence were not recorded.

The carbonate buffered conditions were mostly less reactive due to a slightly alkaline
pH value of the infiltrating aqueous solutions. However, the samples from the Røros VMS
deposit revealed that sphalerite can enter galvanic reactions and be extensively dissolved
even in alkaline or near-neutral conditions. The prerequisite is that sphalerite (−0.24 V; [77])
occurs in direct contact with sulfides with greater rest potentials like pyrite (0.63 V; [78]) or
chalcopyrite (0.54 V; [79]). In interactions with oxygen-rich solutions, sphalerite will act as
an anode:

ZnS ↔ Zn2+ + S0 + 2e− (4)

and prevent oxidation of pyrite, and Cu-sulfides reacting with oxygen adsorbed on
their surface:

1
2

O2 (aq) + 2H+ + 2e− ↔ H2O (5)

This reaction will not affect the pH of the aquifer, but it will promote leaching of Zn.
The galvanic reaction may represent a particularly large environmental issue in min-

eral deposits in which pyrrhotite (−0.24 V; [77]) is intergrown or occurs in direct contact
with Cu-sulfides and/or pyrite:

FeS ↔ Fe2+ + S0 + 2e− (6a)

Fe2+ + 3H2O ↔ Fe(OH)3 + 3H+ + e− (6b)

The anode reaction will result in dissolution of pyrrhotite, oxidation of ferrous to ferric
ions, and consequently in acidification of the system.
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In the experimental setups buffered with carbonates, the Cu sulfides showed
an increased reactivity (Figure 4B,E, Figure 5B,E and Figure 6E) whereas pyrite did not
show significant changes under these conditions (Figure 6B). Carbonates are often used
for prevention of acid mine drainage (e.g., [80]), but the results of this study show that in
near-neutral to slightly alkaline conditions Cu can be mobilized from sulfides, most likely
in the form of CuCO3 (aq) [53,81]. This reaction is more intensive in solutions with a higher
redox potential (Figures 4E, 5E and 6E).

In addition, gangue mineralogy might also play a role in the rate and degree of
oxidation. The Nussir mineralogy is hosted by dolomitic marble, while Ulveryggen Cu
sulfides are hosted by arkosic sandstone, which retards the oxidation of sulfides [53].
Røros sulfides, studied here, were sampled from a massive ore with an absence of gangue
minerals. Therefore, galvanic interaction was favoured to higher degree of oxidation and
was not prevented or retarded by gangue mineralogy. Weathering in mine tailings will be
accelerated due to higher surface area, however this is also true for gangue mineralogy
which in the case of Nussir and Ulveryggen might play a buffering role. On the other hand
Røros mineralization being hosted by massive mafic volcanic rocks, which are extremely
soluble, will most probably not retard the oxidation reaction or buffer it to limited degree.

Raman spectroscopy confirmed the slight distortion of crystal lattices of pyrite and
chalcopyrite (Figure 7), however, the signal was low. Optically, even when the blue tinge
was observed in the Nussir and Ulveryggen samples, Raman analyses did not record
any changes in crystal structure of sulfides from these two deposits. This is attributed to
oxidation occurring in a thin layer of secondary minerals, which tends to be amorphous
and is characterized by the absence of a detectable lattice. In addition, the signal from
primary minerals is significantly higher.

6. Conclusions

The mineral assemblages from all three studied deposits point to a high risk for
generation of acid mine drainage due their high Fe2+/Fe3+ and S2−/SO4

2− ratios. However,
different ore-forming conditions of sediment hosted Cu deposits (Nussir and Ulveryggen)
from conditions related to the formation of VMS deposits (Røros) resulted in contrasting
behavior of the trace elements. As a consequence, the Nussir and Ulveryggen deposits
are depleted in most potentially toxic elements, such as As, Cd, Hg, and Zn, whereas the
Røros VMS mineralization is enriched in a wide spectrum of potentially toxic metals and
metalloids, including As, Bi, Cd, In, and Zn.

The leaching experiments revealed the redox potential as the main factor that controls
the stabilities of Cu-sulfides for both on-land as well as submarine conditions. Galvanic
reactions may contribute to the destabilization of minerals with low rest potentials, like
sphalerite and pyrrhotite, even under near-neutral or slightly alkaline conditions. The
destabilization of pyrrhotite can have particularly negative environmental consequences
due to the release of ferrous ions to an aquifer and acidification of the system as a result of
oxidation of ferrous to ferric ions.

Although carbonates are often used for prevention of acid mine drainage, the presence
of carbonates under near-neutral to slightly alkaline conditions may increase the reactivity
of Cu sulfides and mobilize Cu, most likely in the form of CuCO3 (aq).

More complex ore minerals assemblages lead to deeper weathering in given conditions.
Thus, Røros chalcopyrite were notably more altered than chalcopyrite from the Ulveryggen
and Nussir deposits.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/
10.3390/min11060627/s1, Figure S1: Microphotographs demonstrating the Nussir sulfides reac-
tion after 90-day tests; Figure S2: Microphotographs taken under a reflected light microscope;
Figure S3: Microphotographs taken under reflected light; Figure S4: Microphotographs of Røros
samples under reflected light; Figure S5: Microphotographs of Røros samples under the reflected
light microscope after 90-days of experimental tests; Table S1: Total organic carbon (TOC) of gravity
core HH-12-002-MF-GC obtained from Repparfjord.
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Abstract: This paper intends to validate the application of magnetic techniques, particularly magnetic
susceptibility, as sampling tools on a copper tailings terrace, by correlating them analytically. Magnetic
susceptibility was measured in both the field and laboratory. Data obtained allowed for designing
spatial magnetic susceptibility distribution maps, showing the horizontal variation of the tailings.
In addition, boxplots were used to show the variation of magnetic susceptibility and the concentration
of the elements analyzed at different depths of the copper tailings terrace. The degree of correlation
between magnetic and chemical variables was defined with coefficient R2. The horizontal and vertical
variations of magnetic susceptibility, the concentration of elements, and the significant correlations
between them show a relationship between magnetic susceptibility and the chemical processes
occurring in the tailing management facility, such as pyrite oxidation. Thus, the correlation functions
obtained could be used as semiquantitative tools to characterize tailings or other mining residues.

Keywords: copper mine tailings; magnetic susceptibility; sampling; metals

1. Introduction

The treatment of extensively distributed solid wastes generated by metallurgical processes is
a challenge for the environmental sustainability of mining regions [1,2]. Soil characterization is a
relevant process for subsequent environmental treatments such as decontamination, stabilization,
or remediation [3,4]. The physical (pH, density) and the chemical properties of soils are a forcing
factor for the growth and pollutant metabolism of plants during phytoremediation, particularly heavy
metal content in the sediments at the (superficial) upper levels [5,6]. In this context, heavy metal
concentration is commonly determined by a chemical analysis involving a high cost and a long period
of analysis [7–9]; however, a low-cost and fast-application method is necessary for effective sediment
characterization prior to remediation.

For a reliable tailing storage facility characterization, a large number of sampling points is required
so that results can be representative, a fact that has been limited due to the extensive economic
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resources needed. Sampling quality is essential for estimating the extent of contamination on-site
and, therefore, establishing intervention requirements to protect human health and the ecosystem
integrity [10]. In this regard, sampling design plays a fundamental role in the tailing characterization
stage and must be based on the spatial contamination distribution hypothesis formulated from the
results of the exploratory phase of the study. This allows for making an appropriate assessment of the
site and its management [11,12]. It is necessary to design a sampling methodology to establish their
presence in the mineral species contained in the tailings [13,14]. There are no general rules for soil
sampling because each site requires a particular strategy. Therefore, it is important to design a scheme
appropriate for each of the tailing storage facilities, considering the optimal location of the sampling
points. This scheme must be flexible enough to make adjustments during field activities, owing to, for
example, lack of access to preselected sites, unforeseen soil formations, and climatic conditions [15].
The characterization stage involves sampling and the analysis of physical and chemical properties to
determine the nature, extent, and extension of contamination. These data are essential for developing,
projecting, analyzing, and selecting cost effective technologies to mitigate contamination [16].

Magnetic techniques and methodologies are notable for characterizing soils since they can be
validated with a small number of fast chemical analyses at a low cost [17,18]. Although the magnetic
phenomenon was recognized in the early 19th century, its application in the different fields of science
and technology has increased in the last few decades [19–21]. The magnetic characterization and
mapping of the magnetic susceptibility of soils have been widely applied as a proxy to characterize
heavy metals and pollutants in soils in urban and industrial areas [22–29]. This type of study allows
for determining the origin and extension of contaminant agents and their effect on natural soils.
Magnetic properties, particularly magnetic susceptibility, are useful tools for identifying and describing
ferromagnetic elements (Fe, Ni, Cr). They allow an indirect characterization of the study area because
a small number of chemical analyses are needed later.

Magnetic susceptibility is the ability of a material to magnetize itself under the effect of an induced
magnetic field, which has a range of values characteristic of the different ferromagnetic elements. It is
possible to measure this property in the field by using easy-to-use portable susceptometers at a low
cost [30]. Despite the wide use of magnetic techniques for natural soil contamination, they have been
scarcely used for detecting and determining the concentration of metals present in tailing deposits [31].
Therefore, the application of magnetic techniques is a good alternative for the chemical characterization
of tailing storage facilities due to their high resolution and low cost. In addition, these techniques have
important advantages such as short measurement time and the repetition of analyses at a low cost.

Several factors take part in the control of the retention and mobility of heavy metals in the soil,
mineralogy playing an important role among them [32]. The bioavailability of most of the elements,
particularly heavy metals, is determined by adsorption–desorption, complexation, precipitation,
and ion-change processes. The most important surfaces involved in soil metal adsorption are active
inorganic colloids such as clayey minerals, metal oxides and hydroxides, metal carbonates and
phosphates, and organic colloids [33]. Regarding texture, clayey soils retain more metals by adsorption
or in the exchange complex of the clayey minerals; on the contrary, sandy soils lack this fixing capacity.
In particular, each clay mineral is characterized by a specific surface area value and a degree of electrical
decompensation, which influence its ability to adsorb or exchange metals [34].

Chilean mining is paramount for the country’s development and has become part of its identity.
Chile has become a world’s copper production leader, with mining being the productive activity
contributing most to GDP [35]. However, it also holds a negative aspect due to the large output
of residues and toxic wastes resulting from different operations and processes. Copper sulfide ore
processing produces residues called tailings, which contain high heavy metal concentrations [36].
Many solid tailing deposits extend for kilometers, their characterization currently being made via
chemical analyses at a high cost [9]. There are 742 mine tailing disposal sites in Chile; some of them are
abandoned and require an urgent management plan [37]. To propose remediation plans in order to
reduce potential risks associated with tailings, their physicochemical and mineralogical characterization

294



Minerals 2020, 10, 939

is a priority. These data are not available or are rather scarce, as in the case of geochemical data
reported by National Geology and Mining Service (SERNAGEOMIN, for its acronym in Spanish)
that determined the geochemical characterization of a number of tailing disposal facilities, based on
samples from one to four sampling points [10].

The aim of this work is to discard or validate magnetic susceptibility measurement as a technique for
determining the contaminants, concentrations, and/or mobility of the elements in tailing storage facilities.
This study, conducted by examining copper mine tailings, intends to validate the techniques measuring
magnetic properties as sampling tools, correlating them with a limited number of physicochemical
analyses. The objective of this study is to validate the measurement of magnetic susceptibility in the
tailing terrace of a copper porphyry-type ore deposit. To attain the objective, heavy metal concentration
values in the tailings are correlated with magnetic susceptibility to determine if this technique can be
used as a fast and cost effective tool for identifying contaminated areas. Our results are relevant and
offer a low cost and effective method to characterize solid wastes generated by copper metallurgical
processes prior to their management and treatment in an extensive mining region like northern Chile.

2. Methodology

2.1. Site

This study was conducted in the Atacama Desert, located in Antofagasta Region, Chile. This region
is characterized by high solar radiation, high saline soil concentrations, extremely high daytime
temperatures, and a wide day–night temperature range. Some areas of the Atacama Desert show
zero recorded rainfall in 400 years. In general, rainfall occurs every 100 years. All these conditions
produce scarce vegetation. Samples were collected from a copper mine tailings site located at latitude
24◦9′58.33” S and longitude 69◦2′33.36” W, at 3200 masl The terraces where the tailings are disposed
show high concentrations of heavy metals such as Cu, Cd, Fe, Zn, Mn, and Pb because the tailings are
generated in the sulfide concentration process. The total area of the terrace is about 10,000 m2 (135 m ×
77 m). This site was used as a tailings dump from 1995 to 2006. Figure 1A,B shows the location of the
tailings called CMZ.

–

24°9′58.33″S 69°2′33.36″

 

Figure 1. (A,B) CMZ tailings location, (C) regular sampling grid with 80 sites on CMZ tailings,
(D) spatial distribution of tailings samples for chemical analyses. Green: depth a; blue: depth b; red:
depth c; purple: three depths; yellow: depths a and b; light blue: depths a and c. The black box
represents the study area within the tailing terrace.
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CMZ is a copper porphyry with low-grade hypogenic mineralization, where a long continuous
supergene enrichment process favored by the predominating tectonic regime during the Upper
Oligocene–Lower Miocene [38,39] resulted in the formation of economically exploitable ore deposits.
The later decrease of the erosion rate and the increase of regional aridity since the Middle Miocene
allowed for the preservation of these ore deposits [40]. Intrusive Oligocene, genetically related to CMZ,
includes an early phase of rhyolitic porphyries associated with mineralization and a more intense
hypogenic alteration. The later phase corresponds to dioritic porphyries.

According to its mineralization, the ore deposit consists of an upper leached zone associated
with quartz–sericitic and copper oxide traces; an oxidation area with brochantite and antlerite; and
an extremely sericitized secondary rich zone consisting of pyrite, chalcocine, bornite, covelline, and
chalcopyrite. The hypogenic mineralization associated with sericitic alteration and a weak silicification
consists mainly of pyrite with small amounts of bornite, chalcopyrite, and molybdenite.

2.2. Sampling In Situ

To collect the samples, the terrace was divided into a grid of 15 m × 7 m, covering an internal area
of 6615 m2, to create 80 equidistant sampling points, as shown in Figure 1C. Due to the rough terrain
and to facilitate sample collection, the profiles corresponding to the external points of the terrace were
not considered. For the 80 internal points, magnetic susceptibility intensity was measured at three
different depths: depth a (0–10 cm deep); depth b (10–20 cm deep); and depth c (20–30 cm deep).
This property was used to estimate the points with larger metal concentrations [41]. According to this
criterion, 33 sample points were selected.

The samples were collected at the first 30 cm, considering characterization as the preliminary
analysis of a phytoremediation system. Plant growth and trace element absorption generally occurred
at a 10–30 cm depth [42–44].

2.2.1. Sampling Grid Design

The tailings terrace studied is 160 m long and 80 m wide (Figure 1C). For the sampling to include
the whole study area, a regular grid was designed, with a 7 m support in the direction of the tailings
walls (N05E), while in the W–E direction, they are at a 15 m distance from each other, heading N85E.
This area was chosen according to the terrace dimensions so that the sampling could be representative
in both directions (nonrandom sampling).

Distances were measured with a 60 m measuring tape, while the direction was obtained with a
Brunton compass. The sampling grid was integrated into a geographic data system over a rectified
Quickbird image from Google Earth, using ArcGis 10 software.

2.2.2. Sampling

From each tailings sediment site, 1 kg was obtained. The total number of samples amounted
to 240. The sediment was extracted with a plastic shovel to avoid altering magnetic measurements.
Later, the material collected was stored in clean sealed polyethylene bags, labeled according to site and
depth. Table 1 exemplifies the spatial identification of each tailings sample.

Table 1. Example of sample identification.

Type of Sample Depth (cm) Sampling Site
Depth

Identification
Final

Identification

Disaggregated
material

0–10 A10 a A10 a
10–20 A10 b A10 b
20–30 A10 c A10 c
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2.3. Measurement Methodology

2.3.1. Magnetic Susceptibility Measurement

Magnetic susceptibility measurements were made with an SM-30 portable susceptometer (Heritage
Geophysics, Littleton, CO, USA) to make quick measurements in the field with a 1 × 10−7 magnetic
susceptibility (SI) precision. The measurements were made on dry samples, using the mode 517 of
the device at a 43.8 cm3 fixed volume. Magnetic susceptibility measurements were made at the three
depths of the 80 sampling points. At each sampling depth, magnetic susceptibility was measured three
times at different points. It was possible to check the validity of the susceptometer data by repeating
measurements by horizon. Next, the average value was obtained.

2.3.2. pH Measurement

pH was measured in situ with a pH/◦C measuring kit, Model HI 99121 (Hanna Instruments,
Woonsocket, RI, USA), which is used for measuring both soil pH and a solution prepared with a soil
sample directly.

2.3.3. Heavy Metal Concentration Determination

A total of 33 sampling points were selected for chemical analysis. To do this, the following criteria
were considered:

(1) Tailings pH variation; this property conditions metal bioavailability.
(2) Magnetic susceptibility variation in tailings sediments; samples were selected to make a

representative subsampling of all the values observed in the distribution of this property.
(3) The three depths were established so as to obtain representative results of the whole

tailings volume.

Substrate samples, properly labeled and packed in polyethylene bags, were collected. They were
oven-dried at 40 ◦C until reaching a constant weight [45,46]. Gravel-sized rocks (>2 mm) were removed
and the remaining particles reduced in size with mortar and pestle. Particles were then screened with a
2-mm sieve (US N◦ 10 mesh), which is the standard particle size for most soil testing methods [45,47].

Bioavailable Fe, Mn, Zn, Cr, Cu, Cd, and Pb contents were measured with an atomic absorption
spectrophotometer (AAS) after extraction by using a diethylenetriaminepentaacetic acid (DTPA)
solution [48]. These metals were collected by shaking 0.01 kg of oven-dried soil for 2 h in 20 mL of
0.005 M DTPA. The filtrate was analyzed for Fe, Mn, Zn, Cr, Cu, Cd, and Pb by AAS. Cadmium, copper,
chromium, lead, zinc, and iron were measured by ASS, with detection limits of 0.05 mg kg−1 for Cd,
Cr and Zn, 4.3 mg kg−1 for Pb, 7.5 mg kg−1 for Cu, and 24 mg kg−1 for Fe. As analysis was conducted
separately by hydride generation–atomic absorption spectrometry (HGAAS). Hydride was generated
by using a Perkin-Elmer 100 FIAS FIA 100 apparatus (0.005 mg kg−1 detection limit). All solutions
were filtered with Whatman GF/C fiberglass filter paper [9].

3. Results

Data selected according to the three criteria above (Section 2.3.3) are shown in Table 2. The spatial
distribution of the sampling points for the three depths are shown in Figure 1C.

Tables 3–5 show the results of the concentration analyses of eight heavy metals (As, Cd, Cr, Cu, Fe,
Ni, Pb, and Zn) and the magnetic susceptibility (MS) values for the three points measured in the field.
The denomination is based on the names of the wells and the sampling depth, as shown in Table 1.
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Table 2. Samples selected according to pH classes and magnetic susceptibility variability.

Depth pH Range Sample pH Soil K (µSI)

Depth a 0–10 cm

pH < 5 A30 3.65 389.3

5 < pH < 6.5

B80 5.45 532.7
C30 5.32 655.3
D70 5.43 672.0
H50 5.65 619.7
I20 5.12 735.0
J60 5.97 334.3

6.5 < pH < 7.5
E40 6.54 520.0
F60 7.20 655.3
I80 6.97 679.0

pH > 7.5 D10 7.99 488.0

Depth b 10–20 cm

5 < pH < 6.5

A30 5.79 618.3
B70 5.58 1090.0
D70 5.92 991.0
E40 6.12 297.0
E70 6.18 256.8
G80 6.35 826.0
I20 6.17 583.0

6.5 < pH < 7.5
C50 6.58 393.0
F30 6.89 637.0
J50 7.02 490.3

pH > 7.5 D10 7.97 326.7

Depth c 20–30 cm

5 < pH < 6.5 I40 6.35 272.7

6.5 < pH < 7.5

A50 7.50 186.0
D70 6.82 434.3
E40 6.95 160.0
F20 7.30 816.0
F60 7.12 682.7
H70 6.93 1159.0
I20 6.98 369.3
J80 7.07 246.3

pH > 7.5 B30 7.59 364.0
D10 7.61 479.0

Table 3. Results of chemical analyses for the first stratum at a 0–10 cm depth.

Site
Cd As Zn Cu Fe Ni Pb Cr Soil K

µSImg·kg−1

A30 a 2.09 26.3 426.7 12,118 33,050 58.3 412.3 27.2 389.3
B80 a 2.10 33.6 446.4 10,395 36,913 96.2 452.3 29.3 532.7
C30 a 1.90 28.3 473.2 12,090 34,653 77.3 376.6 41.2 655.3
D10 a 2.60 21.8 398.8 14,426 31,278 68.4 420.2 17.6 488.0
D70 a 3.20 21.9 306.6 9323 41,923 67.2 289.5 14.8 672.0
E40 a 2.80 32.1 287.2 8225 33,607 88.2 322.2 32.4 520.0
F60 a 4.10 27.3 327.6 8454 34,756 59.6 254.2 29.5 655.3
H50 a 3.70 21.8 333.6 8857 35,656 72.3 322.1 19.3 619.7
I20 a 2.40 32.5 328.8 12,160 36,675 49.4 312.2 22.4 735.0
I80 a 4.20 20.6 425.3 9519 38,137 88.2 453.8 26.7 679.0
J60 a 2.80 23.4 399.5 10,712 33,716 77.3 408.1 33.9 334.3
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Table 4. Results of chemical analyses for the second stratum at a 10–20 cm depth.

Site
Cd As Zn Cu Fe Ni Pb Cr Soil K

µSImg·kg−1

A30 b 0.848 21.2 373.7 10,728 34,470 32.5 221.2 17.3 618.3
B70 b 1.187 18.3 375.3 8231 33,219 34.6 245.2 12.8 1090.0
C50 b 0.699 15.6 207.7 10,321 30,846 28.3 282.8 21.4 393.0
D10 b 0.899 18.2 450.8 12,658 31,950 41.2 198.4 19.4 326.7
D70 b 0.599 22.4 280.3 16,296 34,781 19.6 187.5 18.6 991.0
E40 b 0.900 23.9 240.6 14,533 31,733 22.2 201.4 22.6 297.0
E70 b 0.352 21.2 200.1 14,701 27,625 28.3 167.4 21.9 256.8
F30 b 0.798 28.3 500.6 9003 37,297 32.2 135.3 18.2 637.0
G80 b 2.298 12.4 271.2 17,203 36,731 31.4 194.9 19.6 826.0
I20 b 1.797 15.6 300.9 11,096 37,095 17.8 217.8 14.3 583.0
J50 b 2.298 17.8 299.5 12,398 38,489 28.2 175.9 18.8 490.3

Table 5. Results of chemical analyses for the third stratum at a 20–30 cm depth.

Site
Cd As Zn Cu Fe Ni Pb Cr Soil K

µSImg·kg−1

A50 c 0.698 10.8 225.4 9186 30,433 12.8 222.7 13.6 186.0
B30 c 0.897 17.3 288.3 9798 35,816 23.9 198.6 17.2 364.0
D10 c 1.800 15.4 458.5 12,207 37,001 21.8 178.5 17.4 479.0
D70 c 0.797 14.1 190.9 8181 23,457 17.5 218.7 9.6 434.3
E40 c 0.900 18.3 200.5 8234 30,839 19.8 218.4 22.5 160.0
F 20c 2.791 28.3 495.4 9452 41,652 21.4 198.4 18.4 816.0
F60 c 2.342 17.9 394.4 10,247 36,012 31.2 219.2 28.3 682.7
H70 c 2.021 15.8 313.5 13,939 33,667 18.9 178.9 12.4 1159.0
I20 c 2.396 13.8 483.2 12,591 39,608 24.8 228.9 17.2 369.3
I40 c 1.879 21.2 393.5 13,872 39,540 22.9 178.4 21.9 272.7
J80 c 2.394 17.4 328.4 14,171 34,704 17.9 189.6 19.4 246.3

3.1. Relationship between Magnetic Susceptibility and Depth

Considering the 240 samples, there is a statistical correlation between sampling depth and
magnetic susceptibility. For the three depths, the standard deviation and the variance show high
values, indicating a high dispersion of the magnetic susceptibility data measured. The mean value
of magnetic susceptibility for the three horizons tends to 411–518 µSI, showing a decrease in depth,
as illustrated in Figures 2 and 3, showing a boxplot and an interval plot, respectively. Given a certain
relationship between depth and magnetic susceptibility, a hypothesis test was conducted.

The relationship between MS and depth was analyzed with ANOVA. This test shows the influence
of one or more factors, in this case depth, over the mean of a continuous variable, in this case MS.
Table 6 shows the mean, standard deviation, and 95% CI for the mean of each profile. The ANOVA test
was conducted with a 95% CI. Results reveal statistically significant differences between at least two
groups (df = 2; F = 7.85; p-value = 0.001). According to the results of the Tukey’s post hoc test [49],
the group under 30 cm present statistically significant differences in the magnetic susceptibility mean
when compared with the other two.
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Figure 2. Boxplots for magnetic susceptibility (MS) values at three sampling depths.
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Figure 3. MS values at three sampling depths for a 95% confidence interval (CI).
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Table 6. Mean value, standard deviation, and confidence interval per sample depth.

Profile Mean SD 95% CI

0–10 cm 0.5230 0.1100 (0.4822; 0.5638)
10–20 cm 0.4872 0.1934 (0.4464; 0.5280)
20–30 cm 0.4095 0.2311 (0.3687; 0.4503)

3.2. Relationship between Magnetic Susceptibility and pH

MS decreases as tailing depth increases. Kapikca et al. [50], Hoffmann et al. [51], Boyko et al. [52],
and Magiera et al. [53] observed this tendency, associated with the enrichment of anthropogenic
particles on the most superficial layers of the soil from nearby industries or plants. The main difference
between this study and those mentioned above is the type of soil where samples are collected, since
samples are taken from the tailings mass in this study. For this reason, MS decrease is related to
chemical processes occurring within the tailings. MS decrease with depth may be explained by the
most important reaction in the tailings, i.e., pyrite oxidation (Equations (1)–(3)). As explained by Dold
and Fontboté [54], atmospheric oxygen eruption into the system begins sulfide oxidation, in this case
pyrite, the main gangue in the ore deposit.

FeS2 +
7
2

O2 + H2O → Fe+2 + 2 SO2−
4 + 2 H+ (1)

Fe+2 +
1
4

O2 + H+ → Fe3+ +
1
2

H2O (2)

Fe3+ + 3 H2O → Fe(OH)3 + 3 H+ (3)

Pyrite oxidation is the main acidity producer of the system (Equation (1)). The acidity produced by
these processes may result in a pH decrease [55–59]. Tailings from copper porphyry-type ore deposits
show 1–3% pyrite concentrations [54]. Therefore, ions such as Fe3+ precipitate at pH> 3.5. The ferric ion,
when not involved in sulfide oxidation, precipitates as secondary mineral such as goethite. Dold and
Fontboté [60] conducted chemical, mineralogical, and microbiological analyses on three Chilean copper
porphyry ore deposit tailings in different climatic contexts (arid, semiarid, and humid). These tailings
were classified as having low sulfidization and carbonate content. The comparison of the behavior of
these three tailings shows that the climatic factor controls the direction in which the elements move,
free from the chemical reactions in the tailings. For example, in a humid climate, the chemical elements
in the tailings move from an oxidizing environment on the upper part to a reducing environment in the
direction of the phreatic level. Meanwhile, in regions with an arid climate such as the Atacama Desert,
transport is expected to occur in the inverse direction, which is toward a more oxidizing environment
due to capillarity, thus forming secondary sulfates on the surface. This effect has also been observed
in arid and semiarid environments, favoring oxidation processes and allowing efflorescent mineral
formation (hydrated sulfates) on the tailing surface [61,62].

In the tailings studied, horizons a and b show a slightly acid pH, while at depth c, the pH is
neutral. This suggests:

(i) As horizon a is more superficial, pyrite oxidizes, resulting in greater acidity (average pH = 6.1).
(ii) There is an enrichment of diamagnetic minerals such as silica toward horizon c; i.e., there is a

greater neutralization potential (pH = 7.05), which is supported by Si concentration increase
with depth.

(iii) The formation of iron hydroxide should occur at the initial stage (pseudominerals) because,
if minerals such as goethite were present in horizon c, the signal would increase owing to the
high susceptibility of this mineral, which is not correlated with the MS tendency.

Horizontally, MS shows the highest concentration values at the ends and the lowest concentration
values in the middle part of the terrace. Dold [63] indicates that, although tailings particle size is
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relatively homogeneous, there is a deposition controlled by sedimentological processes resulting in
coarse granulometry near the deposition point (sulfides are heavier than silicates). According to this
analysis, MS distribution maps show a certain coherence. High MS values may involve the presence of
pyrite with positive susceptibility, while low values would be associated with diamagnetic materials
such as silica or carbonates.

3.3. Depth Variation of Chemical Elements

As to the variation of chemical elements in the terrace, two factors control element mobility:
solubility and pH [64,65]. Solubility is a function of the chemical element concentration of the metal.
In lower concentration systems, the elements are more mobile than in those with a higher concentration.
Thus, mineralogical composition determines what chemical environment predominates and what
elements are liberated and can mobilize [66–68]. In the terrace, Cu and Cd increase their concentration
towards horizon c, similarly to the pH. These behaviors are consistent, as reported by Dold and
Fontboté [54], who determined that in tailings out of operation, the oxidation process occurs in its
initial stage. Metals such as Cu, Pb, Cd, Ni, and Ca are quite mobile at a low pH and are adsorbed
when pH increases, explaining the lower concentration in horizon a, as compared with horizons b
and c. The opposite is observed for Zn behavior, which mainly concentrates in horizon a. Dold and
Fontboté [60] observed the same tendency in Zn and Mg in El Salvador tailings, which concentrate on
the most superficial layer, corresponding to an evaporitic horizon with a high pH.

3.4. Relationship between Magnetic Susceptibility and Heavy Metal Concentration

This relationship was analyzed with a MARS (multivariate adaptive regression splines) model
suitable for this data structure. MARS was calculated by using the earth [69] library of the statistical
package R [70], while the other statistical calculations were made with Minitab. Using data from
Tables 3–5, the relationship between MS and the concentrations of eight heavy metals was analyzed by
using MARS, as in other engineering applications [71–75] because it fits these data better than other
models [76,77].

The model is a MARS analysis, i.e., a type of regression introduced by Jerome Friedman [78]. It is a
nonparametric regression technique that may be understood as a linear model extension automatically
modeling nonlinear relationships and interactions between variables. In other words, it automatizes
prediction model construction by selecting relevant variables, transforming predictive variables,
treating missing values, and avoiding overfitting by means of an autotest. MARS is similar to a linear
regression without splines.

It is mainly used for predicting a continuous variable
⇀
y (nx1), here MS, from a set of explanatory

variables
⇀
X(nxp), here the concentration of heavy metals. So, the MARS model may be represented by

the expression
⇀
y (nx1) = f

(⇀
X
)

+
⇀
e , where

⇀
e is an (nx1) error vector.

MARS analysis results in both a linear and a second-grade linear model, without
higher-grade models.

In the linear model, a correlation is established between MS and the concentrations of four metals,
Cu, Fe, Ni, and Cr, and no correlation obtained with the other heavy metals Cd, As, Zn, and Pb,
meaning that the latter are not relevant for MS.

The correlation in this model is given by Equation (4):

MS = 0.55 + 7.2 e−05 × pmax (0, Cu − 12207) − 5.8 e−05 × pmax (0, 34756 − Fe) −

0.02 × pmax (0, 31 − Ni) + 0.076 × pmax (0, 19 − Cr)
(4)

where pmax is 0, if the other value is not positive. For example, pmax (0, 19-Cr) becomes 0; i.e., Cr
does not influence the correlation until Cr concentration does not exceed 0.19 mg·kg−1.
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MARS model parameters GCV = 0.047, RSS = 0.82, GRSq = 0.26, and RSq = 0.58 show the model
goodness of fit, RSq = 0.58, is not low for spread data.

The linear model, represented by pmax functions, shows that as Fe and Ni concentration increases,
MS increases up to a certain value and then remains constant. For Cu concentration, MS remains
constant up to a certain value and then increases. As for Cr, MS decreases to a certain concentration
value and then remains constant (Figure 4).

−

Figure 4. Relationship between metal concentration and magnetic susceptibility, discriminated by
pmax functions.

In the second-grade model, the correlation is established between MS and the concentrations of
three metals, Cu, Zn, and Cr, the latter only as a second-order term. No correlation is obtained for the
other heavy metals. This means that they are not relevant for MS. The fit is better than the one for the
first-order model, with RSq slightly over 0.67. The correlation of the second-grade model is given by
Equation (5):

MS = 0.43682171 + 0.00981946 × pmax (0, Zn–287.2) + 0.00981946 × pmax (0, Cu–0.9323) +

pmax (0, 287.2–Zn) × Cu − 0.00000040 × pmax (0, Zn–287.2) × Cu −

0.00000089 Zn × pmax (0, 17.3–Cr) × 0.00022912

(5)

MARS model parameters GCV = 0.05631133, RSS = 0.6488601, GRSq = 0.112011,
and RSq = 0.670256 show that the model goodness of fit, RSq = 0.67, is better than in the linear model.

Figure 5 shows Zn and Cu linear relationships and Cr second-order relationship.
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Figure 5. Relationship between metal concentration and magnetic susceptibility.

3.5. MS Advantages over Metal Concentration

The great advantage of susceptibility measurements is their promptness and low cost [79–81].
MS was directly measured in the substrate at 0–10, 10–20, and 20–30 cm depths. For each level,
MS was measured at least three times at three different points. Then, the average was determined.
The sediment was extracted with a plastic shovel to avoid changing magnetic measurements [82].
The technique results in the lowest cost, as compared with every other type of test and is little invasive
for the environment. The chemical analysis was more complex, involving soil homogenization, clod
disaggregation, and the removal of larger stones and residues. This was followed by clay content
drying and sample sieving. Pretreatment for chemical analysis took about 3 days per sample [5,6].
So, preparing the sample for magnetic susceptibility is much simpler than preparing it for a chemical
analysis. In addition, time must also be considered. As to MS, it is possible to measure 6 samples in 1 h
on an average, considering the pretreatment stage. So, 40 h are required for the 240 sampling points.
Thus, by working 8 h/day, 5 days are needed to obtain results. As to concentrations, pretreatment is
more demanding and takes longer. For a further description, 6 samples can be collected each hour,
the samples requiring at least a 3-day treatment. So, if 48 samples are collected daily, considering 8 h of
work/day and 3 additional days for pretreatment, 4 days are required for collecting and treating 48
samples. Hence, for the 240 sampling points 20 days are required. In brief, the MS measurement of 240
points takes 5 days, while collecting and pretreating the 240 samples for measuring concentration takes
20 days. In addition, 3 months are necessary to measure the samples in the laboratory. So, for the time
ratio required, concentrations:MS = 110:5 = 22, i.e., 2100% extra time for the characterization process.
Table 7 shows the time necessary for measuring magnetic susceptibility and the chemical analysis of
240 sampling points. The chemical analysis considers the determination of eight heavy metals (As, Cd,
Cu, Fe, Hg, Pb, and Zn).
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Table 7. Time for determining MS and the concentration of 8 heavy metals in 240 samples.

No. of Samples

MS Measurement Time Time for the Concentration Measurement of 8 Heavy Metals

Sample Collection and
Measurement in Situ

Sample Collection Pretreatment Measurement

6 1 h 1 h 3 days 45 days
48 1 day 1 day 3 days 45 days
240 5 days 5 days 15 days 90 days

Time for MS
measurement of

240 points
5 days Time for collection, pretreatment, and

concentration measurement of 240 points 110 days

The cost of measuring each MS is about 3 USD, while the cost of the chemical analysis of a sample
is about 150 USD. For the cost required relationship, chemical analysis:MS = 1:50 USD, i.e., the cost of
chemical analyses would be about 4900% higher than the cost of measuring an MS point.

Although it is not possible to measure all the sampling points only with MS, the number of points
may decrease if MS can be correlated with the concentration. This renders significant savings, as in this
study, where only 33 out of the 240 points were measured, producing savings of more than 30,000 USD.

4. Conclusions

MS measurements may provide further data about soil pollution to estimate the environmental
situation in a study area; i.e., magnetic properties show depth variations, which reflect concentration
changes, depth being an environmental soil pollution indicator.

A positive linear correlation of magnetic susceptibility with Cr, Fe, Ni, and Cu was observed
in the tailings studied, while in the second-grade model a correlation was found for Cu, Zn, and Cr.
These heavy metals, well-known as the most hazardous elements, are easily extracted by plants from
the soils in the area studied [9]. In addition to traditional geochemical mapping, magnetic susceptibility
could be successfully used for determining heavy metal soil pollution in the neighborhood of the site
under study.

In the second-grade model, R2 is 0.67. For this kind of problem with spread data, this is not a low
value and, therefore, indicates a value correlation between heavy metal concentration and magnetic
susceptibility. This correlation is important because the cost of measuring MS is much lower than
making chemical analyses for heavy metal concentration. Therefore, an indirect method can be used to
assess the presence of heavy metals in tailings without conducting chemical analyses, or perhaps just
making a few analyses that may serve as a pattern to calibrate magnetic susceptibility, which has been
shown to vary with depth.

The concentration and mobility of chemical elements in the tailings is mainly controlled by pH.
The interpretation of this and magnetic data enables detecting the chemical processes in the tailings,
such as pyrite oxidation. MS is a good indicator because, as it decreases with depth, it is possible to
interpret a greater concentration of diamagnetic minerals toward horizon c, which is complemented by
the increasing depth of Cu concentrations.

Tailings sediments correspond to paramagnetic rather than diamagnetic arrangements, where
ferromagnetic materials are present in small amounts within the paramagnetic matrix. The grain
size of the tailings sediments does not allow a macroscopic recognition. So, for interpreting and
understanding the magnetic signal, a detailed mineralogy control is necessary.

The correlation functions obtained can be used as semiquantitative tools for detecting toxic
substance formations resulting from chemical reactions.

Magnetic methodologies, along with a small number of chemical analyses on representative
samples, make it possible to develop sampling grids with a high spatial resolution at a low cost, thus
decreasing costs associated with characterization.

Moreover, the potential use of these measurements to assess the metallic values contained in
disposal facilities makes up an issue for further studies.
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Abstract: In Chile, 85% of tailings impoundments are inactive or abandoned and many of them do not
have a program of treatment or afforestation. The phytoremediation of tailings with Oxalis gigantea,
Cistanthe grandiflora, Puya berteroniana and Solidago chilensis have been tested in order to find plants
with ornamental value and low water requirements, which enable reductions in molybdenum
(Mo), copper (Cu) or lead (Pb) concentrations creating an environmentally friendly surrounding.
Ex-situ phytoremediation experiments were carried out for seven months and Mo, Cu and Pb were
measured at the beginning and at the end of the growth period. The capacity of these species to
phyto-remedy was evaluated using the bioconcentration and translocation factors, along with assessing
removal efficiency. Solidago chilensis showed the ability to phytoextract Mo while Puya berteroniana
showed potential for Cu and Mo stabilization. The highest removal efficiencies were obtained for Mo,
followed by Cu and Pb. The maximum values of removal efficiency for Mo, Cu and Pb were 28.7%
with Solidago chilensis, 15.6% with Puya berteroniana and 8.8% with Cistanthe grandiflora, respectively.
Therefore, the most noticeable results were obtained with Solidago chilensis for phytoextraction of Mo.

Keywords: phytoremediation; heavy metals; mine tailings; endemic species; native species

1. Introduction

Tailings are a mixture of water and heavy metal-bearing fine-grained minerals [1,2]. In Chile,
there exists 757 tailings storage facilities (TSF) of which 173 are abandoned, 111 active, 468 inactive and
5 of them are under construction, according to the last record of mine tailings published on August
10th, 2020 by the National Geology and Mining Agency of Chile [3].

Soil contamination by heavy metals can be particularly hazardous due to the properties of these
elements [4]. Central Chile presents climatic conditions that favor the dispersion of particles and the
occurrence of metal lixiviation [5].

In Chile, mining from porphyry copper and molybdenum deposits occurs and it is common to
find—in the areas surrounding mining activities—high concentrations of As, Cd, Cu, Zn, Pb, and Mo,
and thus, soil pollution by potentially toxic elements contained in mining tailings is a latent problem
that can cause important environmental damage [6,7].

Lead (Pb) is one of the most toxic metals and it has a significant influence on plant growth and
development [8]. Under normal environmental conditions, the mobility of Pb is low but it is increased
when more acidic conditions prevail [9]. The toxicity and adverse effects of Pb on plant species have
been found to occur at very low concentrations, even at micromolar levels [10]. A consensus exists that
the Pb taken up by plants from soils remains in the roots [11,12]. Pb may be translocated from roots to
the aerial parts of the plant, however, in the majority of plants (>95%) Pb is accumulated in the roots
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and only a small portion is translocated to the parts above the ground [9]. The threshold level of Pb for
plants is around 2 mg·kg−1 [13].

Copper (Cu) is an essential metal for plants; however, it is toxic at high concentrations. Normal
values of Cu in plants are between 4 and 15 mg Cu·kg−1 dry matter and the critical values in roots
are in the range of 100 to 400 mg Cu·kg−1 dry matter [14]. Oorts, et al. (2013) indicated the onset of
Cu toxicity in shoots and leaves between 5 and 40 mg Cu·kg−1 dry matter, while Marschner (2000)
specified a concentration higher than 20 or 30 mg Cu·kg−1, depending on plant species [14,15].

In the case of molybdenum (Mo), it can be mobile and bioavailable as MoO4
2− [9]. Only small

quantities of this element are required by plants, with the normal range for most plant tissues being
between 0.3 mg·kg−1 and 1.5 mg·kg−1. Moreover, toxicity levels of Mo in plants differ according
the species, where values of toxic Mo concentrations have been reported in the range from 100 to
1000 mg·g−1 dry matter [16].

The large number of abandoned tailings makes it necessary to find a cost-effective solution and,
therefore, to mitigate the negative effects of heavy metals in soils, several methods such as membrane
filtration, electrodialysis, and soil washing, among others, have been explored, however, they are
expensive and environmentally unfriendly [17]. Among the remediation technologies, several studies
have proven the usefulness of phytoremediation as an efficient and environmentally friendly method for
removing organic and inorganic contaminants, moreover, it is a cheaper method compared to chemical
remediation, biopiles and bioventing, which incorporates the use of plants to remove contaminants
from water and soil [18].

Marques et al. (2009) highlighted the three major phytoremediation techniques: phytoextraction,
stabilization and volatilization [19]. Additionally, Lam et al. (2018) distinguished two strategies of
phytoextraction: the use of plants with a large ability of accumulation in shoots and low biomass,
and the use of plant species with high biomass and low ability of extraction [20].

The potential use of certain species for phytoremediation can be evaluated by using the
bioconcentration factor (BCF) and translocation factor (TF). BCF is described as the ability of plants for
elemental accumulation from the substrate, and the ratio between the concentration of metal present in
the plant and the total final metal concentration in soil is considered as an index of bioavailability [21],
while TF is used to assess the plant’s potential to translocate contaminants [22,23]. BCF values higher
than one are indicative of potential success of a certain plant species for phytoremediation, while a TF
greater than one indicates the ability to translocate the metal to aerial parts [21]. On the other hand,
the consideration of a species as a stabilizer of heavy metals is based on a BCF ≥ 1 and a TF ≤ 1 [24].

Tailings are a poor medium for promoting natural plant growth, they normally have low field
capacity, high salinity, high concentration of contaminants such as heavy metals and a lack of organic
matter [18]. In order to improve the characteristic of the substrate and to achieve self-sustaining growth
of the plants over time, the addition of nutrients, and amendments and/or organic matter are essential
for phytoremediation to remediate tailings [25,26].

Prosopis tamarugo, Schinus molle and Artiplex nummularia, all of them Chilean native species,
have been studied for in-situ phytoremediation of tailings in the region of Antofagasta, Chile, with the
addition of an organic compost and water for irrigation [27]. All species showed BCF < 1 with different
treatments, but S. molle has shown features as an accumulator for Cu, Mn, Pb and Zn, and P. tamarugo
for Mn, Zn and Cd, with TF > 1. A. nummularia was the most promising of these species, it showed
an accumulator behavior for Mn, Pb and Zn [27]. Lam et al. (2018) evaluated the potential of
Adesmia atacamensis in the phytoremediation of mine tailings. The results of TF and BCF allowed for
the classification of the plant as a Cu hyperaccumulator [20].

Alfonso et al. (2020) obtained auspicious results with the use of indigenous plants for the in-situ
phytoremediation of tailings from the Camaquã Mine (Southern Brazil). Eleven different species of
spontaneous occurrence in the mine site were assessed. The translocation factor and bioconcentration
factor were calculated. Seven of the studied species showed phytoextraction potential for Pb and four
species showed some ability for the phytostabilization of Cu [28].
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The aim of this study was to determine the potential of Chilean native or endemic plant species,
to phyto-remedy mine tailings. Four species from northern Chile: Oxalis gigantea, Cistanthe grandiflora,
Puya berteroniana and Solidago chilensis, were chosen according to their low water requirements and
ornamental value. The potential of these species for phytostabilization or phytoextraction of Mo,
Cu and/or Pb in mine tailings was assessed through ex-situ pot experiments.

2. Materials and Methods

2.1. Characterization and Preparation of Mine Tailing

Paste tailing from Compañía Minera Las Cenizas located in Cabildo, Valparaíso Region, Chile was
used. The mine company processed copper sulfide and oxide minerals. The sampling location is
presented in Figure 1.

‐

‐
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‐
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eters 0.005 

−

Figure 1. Tailing storage facility (32◦28′16.1” S, 71◦05′00.2” W).

Before the phytoremediation experiments, tailings were dried at 105 ◦C until achieving constant
mass, ground in a ball mill, sieved through an ASTM mesh 19 mm and homogenized [29]. The main
properties of the tailings are presented in Table 1. Table 2 shows the initial concentrations of Mo,
Cu and Pb measured by ICP-OES.

Table 1. Main geochemical properties of tailing.

Parameter Value

Specific gravity 2.82

Solid concentration in weight % 83

Granulometry d50 micrometers 0.046

Granulometry d20 micrometers 0.005

Granulometry d80 micrometers 0.240
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Table 2. Initial concentration of Mo, Cu and Pb in dry tailing ± confidence interval (IC).

Element Concentration mg·kg−1 Dry Tailing ± IC

Cu 1582.22 ± 78.31

Mo 3.86 ± 0.17

Pb 228.15 ± 2.79

Zn 86.98 ± 3.15

Ni 9.46 ± 0.25

Cd Under detection limit

Cr 15.46 ± 0.54

2.2. Plants Species

Four different plant species were used for the phytoremediation studies: Oxalis gigantea,
Cistanthe grandiflora, Puya berteroniana and Solidago chilensis.

Oxalis gigantea Barnéoud (Churqui or Churco) is a very common endemic Chilean plant which
belongs to the Oxalidaceae family. It grows in northern Chile from the Antofagasta to Coquimbo regions
and is hardy to USDA Zone 10 and 11. Cistanthe grandiflora, frequently called Doquilla or Pata de
guanaco is an endemic Chilean plant of the Portulacaceae family, which can be found between the
Antofagasta and Ñuble regions. It is hardy to USDA Zone 9. Puya berteroniana is an endemic Chilean
plant of the Bromeliaceae family, commonly called Chagual, Cardón or Magüey and has an excellent
ornamental value. This plant grows from the Coquimbo to Maule regions and is hardy to USDA Zone
9. Finally, Solidago chilensis, or commonly called Fulel, is a native Chilean plant that can be found
between the Arica and Parinacota and Los Lagos regions. This plant belongs to the Astaraceae family,
Solidago chilensis is hardy to USDA Zone 9 and Los Lagos [30,31].

2.3. Potted Experiments

Plants with an initial height of 10 cm were placed into pots with 1440 g of dry tailing. The pots
were left outdoors over a seven-month period, under similar environmental conditions to those where
the mine tailings impoundment is located.

For each plant species, three specimens were placed in tailing. Potable water and biofertilizer
were provided weekly and monthly, respectively. The characterization of foliar organic stimulant is
presented in Table 3.

Table 3. Foliar organic stimulant composition (based on marine algae Ascophyllum nodosum).

Element Concentration

Nitrogen 0.1% w/w

Phosphorous 0.0% w/w

Potassium 3.0% w/w

Arsenic <0.5 mg·kg−1

Cadmium <0.5 mg·kg−1

Lead <1 mg·kg−1

Mercury <0.5 mg·kg−1

2.4. Sample Preparation and ICP-OES Measurements

Upon the expiry of the growth period, leaves and stems (aerial part) and roots were divided with
a knife and carefully washed with abundant potable water, distilled water and deionized water to
remove tailing particles adhering to them and any other type of dirt. Both parts of the plants were cut
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to reduce their size and placed into waxed paper envelopes, afterwards they were dried at 45 ◦C until
constant mass was achieved, ground and homogenized.

Tailing was carefully cleaned, dried at 105 ◦C until constant mass was achieved, grounded,
sieved through an ASTM mesh N◦18 and homogenized.

For ICP-OES measurements, digestion procedure was carried out with 0.200 g of dry sample,
which were placed in a Teflon vial for microwave and 8 mL of concentrated HNO3 and 2.0 mL of
concentrated H2O2 were added. The vials were covered with parafilm tape and were left to pre-digest
for 4 h before the digestion in the microwave. When the samples were at room temperature, they were
placed in 25 mL volumetric flasks which were then filled with deionized water to the calibration line.
All reagents were of analytical grade.

All samples were prepared in duplicate and digested twice in a microwave Ethos Easy.
The temperature program consisted of three segments: the first from 0 to 10 min with an increase in
temperature until 180 ◦C, a second period of 10 min with a constant temperature of 180 ◦C and the last
corresponding to a cool down period of 10 min.

2.5. Heavy Metal Determination

The concentrations of Mo, Cu and Pb were determined in tailing and plants (roots and stems +
leaves = aerial part). The metal concentrations in plants and tailings samples were determined by
inductively coupled atomic emission spectroscopy (Perkin Elmer), directly from digested solutions at
the Institute of Chemistry and Biochemistry, Faculty of Science of Universidad de Valparaíso, Chile.

For the present study, the bioaccumulation factor (BCF) and translocation factor (TF) were
calculated with Equations (1)–(3) [4,32–34].

TF =
Metal concentration (Stems + Leaves)

Metal concentration in roots
(1)

BCFroots =
Metal concentration in roots

Initial concentration of metal in tailing
(2)

BCFaerial =
Metal concentration in aerial parts

Initial concentration of metal in tailing
(3)

The removal efficiency (RE) was calculated with the Equation (4).

RE =
(Ci −Cf)

Ci
× 100% (4)

where Ci and Cf are the initial and final concentration of the element in the tailing.

3. Results

The final concentrations of Mo, Pb and Cu in each plant species, divided into roots and aerial parts,
were determined after the growth period. For each plant, three samples of roots and three samples of
aerial parts were taken in duplicate, the final mean concentration of each duplicate is presented in
Figure 2.

All plant species showed a decreasing trend of Pb and Cu concentrations from tailing to aerial
parts (tailings→ roots→ leaves and stems) but in the case of Mo this decreasing trend is only observed
in the case of Cistanthe grandiflora.

Oxalis gigantea presented a Mo concentration in aerial parts slightly higher than in roots,
while Puya berteroniana exhibited a concentration of Mo in roots higher than what was found in
the final tailing. Solidago chilensis showed the reverse trend with a decreasing concentration of Mo
from aerial parts to tailing.

315



Minerals 2020, 10, 1020

The ability of Solidago chilensis and Puya berteroniana to accumulate Pb in their roots is notorious,
far exceeding the normal threshold levels. Additionally, the same species showed the ability of Cu
accumulation in roots.

To evaluate the ability of all species to translocate or stabilize the studied metals, TF, BCF and
removal efficiency were calculated; in the case of BCF, this factor was obtained for roots and for aerial
parts. The results are presented in Table 4.
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Figure 2. Mean concentration in duplicate samples, aerial part and roots, where species 1: Oxalis gigantea,
species 2: Cistanthe grandiflora, Species 3: Puya berteroniana, species 4: Solidago chilensis.
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Table 4. Translocation factor (TF), bioconcentration factor (BCF) and removal efficiency after the
growth period.

Element Plant Species
Oxalis

gigantea
Cistanthe

grandiflora
Puya

berteroniana
Solidago
chilensis

Mo

TF 1.03 ± 0.03 0.53 ± 0.03 0.75 ± 0.02 1.82 ± 0.06

BCFroots 0.47 ± 0.01 0.78 ± 0.03 1.03 ± 0.01 2.57 ± 0.03

BCFaerial 0.49 ± 0.00 0.42 ± 0.01 0.73 ± 0.02 4.68 ± 0.17

% RE 16.38 ± 0.75 15.86 ± 0.34 19.48 ± 0.53 28.70 ± 1.57

Pb

TF 0.27 ± 0.01 0.13 ± 0.01 0.09 ± 0.01 0.41 ± 0.01

BCFroots 0.09 ± 0.01 0.19 ± 0.01 0.46 ± 0.01 0.72 ± 0.01

BCFaerial 0.02 ± 0.00 0.02 ± 0.00 0.04 ± 0.00 0.30 ± 0.01

% RE 7.01 ± 0.87 8.78 ± 0.56 7.62 ± 0.45 4.41 ± 0.22

Cu

TF 0.26 ± 0.01 0.12 ± 0.00 0.09 ± 0.00 0.52 ± 0.01

BCFroots 0.16 ± 0.01 0.24 ± 0.01 0.90 ± 0.02 0.92 ± 0.03

BCFaerial 0.04 ± 0.01 0.03 ± 0.00 0.08 ± 0.01 0.48 ± 0.02

% RE 8.63 ± 0.67 8.72 ± 0.78 15.59 ± 1.03 14.91± 0.98

According to the results shown in Table 4, all studied species presented poor ability to translocate
Pb and Cu with a TF < 1. In the case of Mo, Oxalis gigantea and Solidago chilensis are good candidates for
Mo phytoextraction with a TF> 1, where the second appears more promising due to its bioconcentration
factor values for roots and aerial parts.

The analysis of the values for BCF highlight the potential use of Puya berteroniana for Mo
phytostabilization. In the case of Cu, Puya berteroniana and Solidago chilensis showed a potential for
phytostabilization with a BCF close to one. These factors could be improved through the study of the
use of nanoparticles and/or chemical solutions, also, the mixture of mine tailings with compost or
fertilizers could be considered.

The maximum removal efficiencies were obtained for Mo with all studied species, among which,
Solidago chilensis showed a value close to 30%, followed by Puya berteroniana with a 19.5% removal
efficiency. In the case of Pb removal, efficiencies were lower than 9%, Cistanthe grandiflora presented the
best results with a removal efficiency of 8.8%. For Cu, the maximum values of removal efficiency—close
to 15%—were obtained with Puya berteroniana and Solidago chilensis.

4. Discussion

Figure 3 shows the mean concentration ± IC (confidence interval) for each species and each metal
after the experimental period. The Mo accumulated in roots decreases as follows: Solidago chilensis >
Puya berteroniana > Cistanthe grandiflora > Oxalis gigantea, there is little variation in this trend in the case
of aerial parts where the Mo concentration decreases as follows: Solidago chilensis > Puya berteroniana >
Oxalis gigantea > Cistanthe grandiflora. All species outweighed the normal values for most plant tissues
and the accumulation of Mo in aerial parts and roots of Cistanthe grandiflora by unit of dry matter is the
highest in the group of the studied species.

The concentrations of Cu in the roots of Oxalis gigantea and Cistanthe grandiflora are in the range of
critical values indicated by Oorts et al. (2013), in the case of Puya berteroniana and Solidago chilensis these
values are outweighed. In the case of the aerial parts, all species exceeded the toxic levels indicated by
Marschner (2000) and Oorts et al. (2013) [14,15].

In the case of Pb, the threshold level of Pb for plants is clearly surpassed. In terms of mass of Pb
by unit of dry matter, the increase in concentration in the roots is as follows: Oxalis gigantea < Cistanthe
grandiflora < Puya berteroniana < Solidago chilensis, with a slight change in the case of aerial parts where
the concentration showed by Oxalis gigantea is similar to that of Cistanthe grandiflora.
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It is important to mention that Chile lacks regulations for soil pollutants including heavy metals,
and therefore, is not possible to compare with the Chilean norm.

The high ability of Solidago Chilensis to accumulate Mo, Pb and Cu, in respect to the other species,
is also shown in Figure 3.
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Figure 3. Mean concentration ± IC of Mo, Cu and Pb in roots and aerial parts, where, 1: Oxalis gigantea,
2: Cistanthe grandiflora, 3: Puya berteroniana, 4: Solidago chilensis.

The plant species used in the present research have not been studied before for phytoremediation.
Some native and endemic species of plants have been previously used but not with the consideration
of water requirements.

Lam et al. (2017) studied native Chilean species for the phytoremediation of tailings, among which
Schinus molle showed the ability to translocate Cu and Pb with TF = 2.78 and 1.33, respectively, and a
BCF < 1 in both cases in tailings without amendments [27]. In the same study, Atriplex nummularia
presented a TF = 1.33 and a BCF < 1 under the same conditions.
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In a later study, Lam et al., (2018) established the potential of Adesmia atacamensis (TF = 2.47 and
BCF = 0.05) to accumulate Pb in aerial part in tailings without treatment [20].

For comparison, the Pb concentrations of Adesmia atacamensis reported by Lam et al. (2018)
were 4.7 mg·kg−1 in roots and 11.6 mg·kg−1 in aerial parts. In the case of this study, Oxalis Gigantea
and Cistanthe grandiflora showed concentrations of 5.05 ± 0.07 mg·kg−1 and 4.95 ± 0.08 mg·kg−1

in the aerial parts and 18.39 ± 0.53 mg·kg−1 and 38.56 ± 1.15 mg·kg−1 in the roots, respectively.
Although Cistanthe grandiflora is capable of accumulating higher concentrations of Pb in roots than
Adesmia atcamensis, it lack the ability to translocate it.

The same behavior for Pb is observed in the case of Puya berteroniana and Solidago chilensis
(8.66 ± 0.10 mg·kg−1 and 64.89 ±1.51 mg·kg−1 in the aerial parts and 97.39 ± 1.80 mg·kg−1

and 157.58 ± 1.34 mg·kg−1 in the roots), where both species showed higher concentrations than
Adesmia atacamensis.

Ortiz-Calderón et al. (2008) analyzed the concentration of Cu in leaves and roots of several
species, among them two Chilean native species: Schinus polygamous and Atriplex deserticota presented
a Cu concentration in leaves of 1.213 and 1.358 mg·kg−1 dry mass, respectively, while in roots the
concentration was 260 and 2160 mg·kg−1 dry mass, respectively [35]. Among them Schinus polygamous
showed a clear ability to translocate Cu and therefore, to extract Cu. In the case of the present study
Puya berteroniana and Solidago chilensis presented a TF close to one, which should be improved in order
to increase the ability of these species to translocate Cu.

While this research was carried out ex-situ, it provides substantive information about the potential
ability of the studied species to phyto-remedy Cu, Mo and Pb in mine tailings. Future work must be
undertaken in order to improve this ability, for example, using joint implementation with another
technology. Additionally, experiments in-situ must be performed accompanied by a sequential
extraction procedure of the mine tailings for each studied element.

5. Conclusions

This study covers the potential ability of three endemic Chilean plant species and one native plant
species, all of them from northern Chile, for the phytoremediation of Mo, Cu and Pb in mine tailings.

The ability of Solidago chilensis for the phytoextraction of Mo is highlighted, as is—to a lesser
extent—the ability of Oxalis gigantea. In the case of Cu, Puya berteroniana and Solidago chilensis showed
potential for phytostabilization which could be increased with the addition of chemicals or via joint
implementation of another technique of remediation, which will be the subject of future studies.

It is important to mention that all these species have ornamental value, therefore,
the phytoremediation with them, not only serves to decrease the concentration of the studied elements,
but also provides a pleasant environment to the community. In addition to the above, the low water
requirements of these species allow for their growth and development in water shortage scenarios.

Finally, the most noticeable results were obtained in the case of Mo, where Solidago chilensis should
be the chosen species for Mo phytoextraction, while with Puya berteroniana, high removal efficiencies
for Cu and Pb were obtained.
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