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water

Editorial

Biological Treatment of Organic Waste in Wastewater—Towards
a Circular and Bio-Based Economy

Marianna Garfí

Group of Environmental Engineering and Microbiology (GEMMA), Department of Civil and Environmental
Engineering, Universitat Politècnica de Catalunya BarcelonaTech (UPC), 08034 Barcelona, Spain;
Marianna.garfi@upc.edu

Due to population growth, accelerated urbanization, and economic development, the
quantity of both industrial and urban wastewater generated, and its overall pollution load
are increasing globally. In this context, the management of organic waste/sub-products
from wastewater is an issue of great concern.

Traditionally, waste has been considered as something that is not useful and has been
often neglected over the years. However, the world economic model is currently undergo-
ing a paradigm shift from linear (waste-producing) to circular (waste-to-resources) and bio-
based (using renewable biological resources) economies. Thus, there is a need to investigate
innovative and cost-effective technologies and processes for the safe and environmentally
friendly management of organic waste generated in wastewater treatment systems.

In this context, the biological treatment of organic waste/sub-products from both
urban and industrial wastewater is a promising solution to reduce energy and the carbon
footprint associated with their treatment and to shift the paradigm from waste treatment to
resource recovery.

This Special Issue (SI) focuses on innovative solutions for the biological treatment of
organic waste from wastewater. In particular, the research articles included in this SI are
related to:

• Process mechanisms and operation, optimization, monitoring, modelling, and applications;
• Removal of pathogens and emerging pollutants;
• Reuse and circular economy;
• Resource recovery (e.g., nutrients recovery, high-value compounds) and energy valori-

sation (e.g., biogas);
• Life cycle assessment and carbon footprint;
• Tecno-economic assessment and social perception of waste-to-resource processes;
• Low-cost technologies;
• Policy.

Lanko et al. (2021) [1] compared the digestate quality of single-stage mesophilic and
thermophilic AD and TPAD systems, in terms of the dewaterability, pathogenic safety and
lower calorific value (LCV) and, based on the comparison, consider digested sludge final
disposal alternatives. The results showed that TPAD system is the most beneficial in terms
of organic matter degradation efficiency.

Mendieta et al. (2021) [2] analyse NCS producers’ behavioural intention to use LCB by
utilizing an extended technology acceptance model (TAM). This study’s findings contribute
to research on the TAM and provide a better understanding of the factors influencing NCS
producers’ behavioural intention to use low-cost digesters.

Lanko et al. (2020) [3] investigated the environmental impact of the anaerobic di-
gestion (AD) of sewage sludge within an activated sludge wastewater treatment plant
(WWTP). Three alternative AD systems (mesophilic, thermophilic, and temperature-phased
anaerobic digestion (TPAD)) were compared to determine which system may have the
best environmental performance. The results showed that the best AD alternative was
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thermophilic concerning all environmental impact categories, besides climate change and
human toxicity.

Kassab et al. (2020) [4] proposed a potential approach for enhanced energy generation
from anaerobic digestion; iron-based conductive nanoparticles have been proposed to
enhance the methane production yield and rate. The results have shown that supplementing
anaerobic batches with NZVIs has an insignificant impact, most probably due to the
agglomeration of NZVI particles and, consequently, the reduction in available surface area,
making the applied doses insufficient for measurable effect.

Zhang et al. (2020) [5] provided a reference for the application of heterotrophic
nitrification-aerobic denitrification in actual wastewater treatment. From the results,
the synthetic microbial community was able to simultaneously perform heterotrophic
nitrification-aerobic denitrification indicating great potential for full-scale applications.

In conclusion, this SI provided new ways to valorise organic waste from wastewater
and describe novel processes, as well as the environmental and social benefits in the frame
of the Sustainable Development Goals.
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Abstract: Anaerobic digestion (AD) technology is commonly used to treat sewage sludge from
activated sludge systems, meanwhile alleviating the energy demand (and costs) for wastewater
treatment. Most often, anaerobic digestion is run in single-stage systems under mesophilic conditions,
as this temperature regime is considered to be more stable than the thermophilic one. However, it is
known that thermophilic conditions are advantageous over mesophilic ones in terms of methane
production and digestate hygienisation, while it is unclear which one is better concerning the
digestate dewaterability. Temperature-phased anaerobic digestion (TPAD) is a double-stage AD
process that combines the above-mentioned temperature regimes, by operating a thermophilic
digester followed by a mesophilic one. The aim of this study is to compare the digestate quality
of single-stage mesophilic and thermophilic AD and TPAD systems, in terms of the dewaterability,
pathogenic safety and lower calorific value (LCV) and, based on the comparison, consider digested
sludge final disposal alternatives. The research is conducted in lab-scale reactors treating waste-
activated sludge. The dewaterability is tested by two methods, namely, centrifugation and mechanical
pressing. The experimental results show that the TPAD system is the most beneficial in terms of
organic matter degradation efficiency (32.4% against 27.2 for TAD and 26.0 for MAD), producing
a digestate with a high dewaterability (8.1–9.8% worse than for TAD and 6.2–12.0% better than
for MAD) and pathogenic safety (coliforms and Escherichia coli were not detected, and Clostridium
perfringens were counted up to 4.8–4.9 × 103, when for TAD it was only 1.4–2.5 × 103, and for MAD
it was 1.3–1.8 × 104), with the lowest LCV (19.2% against 15.4% and 15.8% under thermophilic and
mesophilic conditions, respectively). Regarding the final disposal, the digested sludge after TAD can
be applied directly in agriculture; after TPAD, it can be used as a fertilizer only in the case where the
fermenter HRT assures the pathogenic safety. The MAD digestate is the best for being used as a fuel
preserving a higher portion of organic matter, not transforming into biogas during AD.

Keywords: mesophilic; thermophilic; temperature-phased anaerobic digestion (TPAD); dewaterability;
sludge quality; sludge valorisation

1. Introduction

Nowadays, sustainable sewage sludge management shifts to introduce the imple-
mentation of a resource recovery approach rather than only dispose produced sludge. It
turns WWTPs into water resource recovery facilities (WRRF) [1,2]. Hence, the sludge is
converted into energy, nutrients, and other valuable substances (metals, specific organic
substances). All of the above mentioned can be reused in different spheres of our life,
including agriculture (fertilizers), various industries (biopolymers, fuels) and commu-
nal services (heat) [2–4]. By this, lower emissions of pollutants to the environment are
reached [5]. Consequently, a better environmental protection level is achieved.
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The recovery of resources and final reuse may cover around 30% of the costs for
sewage sludge handling [6], which is an important amount, given that the sewage sludge
handling usually takes up to 50% of the wastewater treatment expenses [7].

Sewage sludge from activated sludge WWTP comprises the so-called primary sludge,
produced during the primary wastewater treatment in sedimentation tanks; secondary
sludge is produced during the secondary wastewater treatment in biological reactors as a
result of microbial growth. Normally, the ratio of the produced sludge types may vary from
40 to 70% of primary to secondary sludge [8,9]. At small and medium WWTPs (<50,000 PE),
the primary sedimentation step may be absent, having only secondary sludge production.
Secondary sludge is also known as waste-activated sludge (WAS) [10].

Anaerobic digestion (AD) is one of the most widespread and favourable means of
sewage sludge handling at medium to large WWTPs using the activated sludge system.
AD consists of the biodegradation of organic matter under anaerobic conditions, leading
to the production of biogas (mostly composed of methane) and a stabilised digestate [11].
The AD process has four steps, namely, rate-limiting hydrolysis, acidogenesis, acetoge-
nesis and methanogenesis [12]. Each of these steps is performed by a specific type of
bacteria or archaea. During sludge digestion, hydrolysis is the rate-limiting process; there-
fore, innovative technologies such as the TPAD are trying to improve this step. AD may
be carried out under different temperature conditions, namely, psychrophilic (0–20 ◦C),
mesophilic (35–40 ◦C) and thermophilic (50–60 ◦C), by using single-stage or double-stage
processes [11,12]. At the single-stage AD process, all four steps of AD take place in the
same reactor simultaneously. In this case, all types of bacteria and/or archaea (under
thermophilic conditions, methanogenic microorganisms are represented only by archaea)
have to co-survive in a restricted range of pH values (±1.0 pH) [13], controlled by an
organic loading rate (OLR) and hydraulic retention (HRT). The pH balance is an important
monitored factor that helps to avoid the inhibition of methanogens known as slow growers
under an increased OLR and/or shortened HRT. It is also important to mention that, along
with increasing the AD temperature, when switching from mesophilic to thermophilic
or even hypothermophilic conditions, the pH balance starts to be the more crucial aspect
that can lead not only to a limited methane production, but also to a complete digester
failure [14]. Due to this, there are a lot of studies conducted on different pre-treatment appli-
cations in order to promote methane production [15,16]. The so-called temperature-phased
anaerobic digestion (TPAD) consists of two stages which are carried out in two anaerobic
reactors implemented in series, a thermophilic followed by a mesophilic one [17,18]. TPAD
systems combine the advantages of single-stage mesophilic and thermophilic systems by
splitting the different types of microorganisms physically: the first two AD steps take
place in the first reactor and the other two AD steps happen in the second reactor. This
allows to manipulate the conditions of the rate-limiting hydrolysis by increasing the tem-
perature and/or increasing the OLR/shortening HRT, in a much broader way excluding
the direct negative influence on the methanogens located in the second digester, which
promotes a higher organic matter degradation rate and, consequently, a higher methane
production [19].

With regard to the environmental impacts, AD systems with the higher efficiency
of organic matter degradation are more environmentally friendly. In terms of the whole
WWTP, the life cycle assessment analysis showed the lowest burden on the environment
from TPAD and, within the sludge line, TAD and TPAD were more beneficial than the
more stable in operation MAD [2].

There are plenty of full-scale references of single-stage anaerobic digestion systems in
Europe under both mesophilic and thermophilic conditions [20]. At the same time, there
is no such variety of temperature-phased anaerobic digestion system examples [21], even
though its beneficial performance at lab-scale [22] and full-scale [7] has already been proved.
There have been several studies conducted in recent decades on TPAD efficiency over single-
stage mesophilic and thermophilic reactors [21,23,24]. To the best of our knowledge, the
performance of two-stage systems outcompetes mesophilic and thermophilic single-stage
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systems in both organic matter degradation and methane production [24–26]. However,
“to close the loop” of digestion efficiency, a digestate quality assessment is needed. In
particular, digestate dewaterability is relevant in order to reduce the digestate volume and
management costs, while hygienisation is an important issue upon the land application of
the digestate.

Dewaterability is a complex quality parameter of sewage sludge describing the ability
of sludge flocs to “lose” water, which is entrapped inside. According to the difficulty of its
removal, all water that is present in the sewage sludge can be divided into three types: free
water which is unaffected by solid particles, interstitial water which is physically trapped
inside the space between particles, and surface water which is adsorbed onto the surface of
solid particles [27–29].

There are a lot of methods for sewage sludge dewaterability characterization [30] such
as the capillary suction time, filterability testing, sludge centrifugation and sludge pressing.
However, it is challenging to find a good correlation between lab-scale results and full-scale
dewatering efficiency. A good correlation between lab-scale and full-scale dewatering
efficiency plays an important role when conducting the trials of dewatering mechanisms,
choosing a flocculant and its proper dosage. The above-mentioned processes are costly
and depend on the type of dewatering equipment [31], and at lab-scale its performance
could be cheaper and faster with the same extent of reliability. Hence, this research focuses
on two methods of mechanical dewatering that are, in principle, similar to the dewatering
processes used in full-scale WWTP, namely, centrifugation and mechanical pressing, and
the calculation of the universal parameter of dewaterability obtained by [31].

The lower calorific value (LCV) is an important indicator of the efficient energy
recovery from the digested sludge by incineration, pyrolysis, gasification, etc. The LCV is
determined by the original sludge composition, degradation efficiency and dewaterability.
Regarding the LCV of digested sludge, the efficiency of dewatering plays a major role, as
poor dewaterability means a large amount of water in the sludge and this results in a low
(often negative) LCV, because the energy value of organic matter in the sludge is lower than
the energy needed to evaporate the water present. Hence, the LCV provides additional
information on the quality of the digested sludge which helps to select the optimal final
disposal solution from both an economic and environmental point of view [32].

Finally, pathogen removal is one of the crucial parameters for a safe treated sludge
reuse in agricultural land. The legislation strictly defines which pathogen removal extent
should be reached for each type of sewage sludge’s final disposal, especially in the case of
use as a fertiliser in agriculture [33].

The aims of the study are to provide a comprehensive comparison on the single-stage
mesophilic and thermophilic AD and TPAD systems in terms of the process performance
(organic matter removal and methane production) and digestate quality (dewaterability,
pathogenic safety and energy value expressed as a lower calorific value) and, based on the
obtained data, suggest the best alternatives for final digested sludge disposal.

2. Materials and Methods

2.1. Experimental Set-Up

The experimental laboratory set-up consisted of three AD systems: single-stage ther-
mophilic, single-stage mesophilic and double-stage TPAD (Figure 1).

The reactors were composed of thermoresistant plastic with standing temperatures
of up to 60 ◦C. The mesophilic, thermophilic and second stage of the TPAD reactors had
a working volume of 8.45 L, while the first stage of the TPAD (fermenter) had a working
volume of 1.45 L, all of them with a headspace volume of around 1.0 L. The feeding and
wasting processes were automated and governed by LabVIEW 2012 software version 12.0
(32-bit) ran on embedded controller cRIO 9074 (both, the software and controller from
National Instruments, Prague, Czech Republic). There were three programmed cased
drive peristaltic tube pumps (Verderflex Vantage 3000 P R3I EU, Verder s.r.o., Prague,
Czech Republic): the feeding pump; the TPAD pump that transferred pre-digested sludge
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from the first stage to the second stage of TPAD; the wasting pump (Figure 1). All pumps
were calibrated at least once per month, as all AD digestates and WAS used as a substrate
were non-Newtonian, viscous fluids.

  
(a) (b) 

Figure 1. Scheme (a) and picture (b) of lab-scale experimental set-up.

At first, the digestate was withdrawn from TPAD2; then, TPAD pump added pre-
digested sludge from TPAD1 to TPAD2; then, the fermenter was fed by running the
feeding pump. After that, the digestate was withdrawn from the single-stage mesophilic
reactor and, immediately after that, it was fed. Finally, some digestate was taken from the
thermophilic reactor and the same amount of substrate was added back to substitute for
the withdrawn volume. The whole cycle took around thirty minutes and happened once
per twenty-four hours (semi-continuous model of reactor feeding) at the same time.

The gas meter RITTER MilliGascounter (RITTER Apparatebau GmbH and Co, Bochum,
Germany) were used to estimate the biogas flow.

All data were monitored online and logged in.
The whole period of experiments was divided into two phases: Phase A and Phase B.

Phase A lasted for 5 months (HRT = 19.0 days; ORL = 2.24–2.25 kg VS·m−3·day−1) and
Phase B for 3 months (HRT = 13.5 days; ORL. = 3.58–3.62 kg VS·m−3·day−1). The AD
performance of single- and double-stage systems was evaluated in terms of organic matter
degradation, methane production and digestate quality. To do so, the two above-mentioned
sets of experiments were conducted, with the following operational parameters (Table 1):

Table 1. Anaerobic digestion operational parameters.

Type of Reactor Abbreviation

Phase A, Lasting 5 Months Phase B, Lasting 3 Months Phase A and Phase B

HRT, Days
Temperature

Range, ◦C
HRT, Days

Temperature
Range, ◦C

Mixing Speed, rpm **

Single-stage,
thermophilic TAD 19.0 57 ± 1.5 ◦C 13.5 57 ± 1.0 ◦C * 50 ± 1

Single-stage,
mesophilic MAD 19.0 38 ± 1.5 ◦C 13.5 38 ± 1.0 ◦C * 50 ± 1

Double-stage,
thermophilic, the

first stage
TPAD1 2.0 57 ± 1.5 ◦C 2.0 57 ± 1.0 ◦C * 30 ± 1
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Table 1. Cont.

Type of Reactor Abbreviation Phase A, Lasting 5 Months Phase B, Lasting 3 Months Phase A and Phase B

Double-stage,
mesophilic, the

second stage
TPAD2 17.0 38 ± 1.5 ◦C 11.5 38 ± 1.0 ◦C * 50 ± 1

* Footnote 1. All digesters at Phase B were insulated to decrease temperature fluctuation. ** Footnote 2. All digesters were continuously
mixed at the fixed speed. Footnote 3. TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-
phased anaerobic digestion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD; HRT—hydraulic retention time.

The reactors were inoculated with digested sludge from the full-scale anaerobic di-
gesters at Czech municipal wastewater treatment plants and thickened waste-activated
sludge (WAS) was used as a substrate. The substrate was kept in the fridge under
11.5 ± 1.0 ◦C, continuously mixed at 110 ± 2 rpm. The sludge samples were characterized
in terms of total suspended solids (TSS), volatile suspended solids (VSS), total and soluble
chemical oxygen demand (tCOD and sCOD), pH.

The start-up period lasted fifty days (about threefold of HRT). To monitor the reactors
performance, the following parameters were analysed regularly: pH (online), temper-
ature (online), biogas volume (every day), biogas composition (three times per week),
volatile fatty acid (VFA), VSS and TSS contents (once per week). The digestate quality was
evaluated by measuring the dewaterability, hygienisation and LCV, as described in the
following sections.

2.2. Digestate Dewaterability

The digestate dewaterability, was evaluated by two methods: (1) separation via
centrifugation; (2) filtration and compression via mechanical pressing.

2.2.1. Centrifugation

The principle of this method is measuring the sludge cake concentration after cen-
trifugation. For this method, all samples were centrifuged in Sigma 3–16 P (SIGMA
Laborzentrifugen GmbH, Osterode am Harz, Germany) at 13,083 rpm for 10 min, and
the weight of the separated fugate was measured. The higher the weight, the better the
dewaterability of the sludge.

Digestate samples were centrifuged and, then, the weight of the separated fugate
and sludge cake were measured. Afterwards, the concentration of TS in the sludge cake
was calculated as a ratio between the amount of TS in the sample and the weight of the
separated sludge cake.

The dewaterability of the digestate was calculated by the dewaterability coefficient (%),
calculated from (Equation (1)):

Wdry matter
Wsludge cake

× 100% (1)

where Wdry matter is the weight of dry matter in the centrifuged sample (g); Wsludge cake is the
weight of sludge cake after centrifugation (g).

It is important to note that separation by centrifugation characterized the quality of
the original digested sludge without flocculant addition.

2.2.2. Mechanical Pressing

This method was carried out using a mini-press Mareco MMP-3/2 (Amfitech Friesland
BV, Joure, The Netherlands) (Figure 2).
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Figure 2. Laboratory mini-press (Mareco MMP-3/2).

The experimental procedure was as follows: Initially, the TS concentration of digestate
samples from each reactor was determined. Following, 1 L of concentrated polymer
SUPERFLOC C-494HMW (Kemifloc a.s., Prerov, Czech Republic) solution (5.0 g/L) was
prepared and used within 4–8 h. Tap water was used to prepare the suspension. Then, it
was mixed thoroughly at 1000 rpm by a blade impeller until no flocs were observed. The
corresponding volume (18–23 mL) of flocculant stock solution was then added to 50 mL of
digestate, which was defined in advance based on the TS concentration measurement and
for each type of digestate. The digestate sample with flocculant dosage was then mixed at
700 rpm for 3 min (Figure 3).

   
(a) (b) (c) 

Figure 3. Digestate dewatering by mechanical pressing: (a) digestate with flocculant dosage; (b) mixing at 700 rpm for 3
min; (c) dewatered digestate.

The pressing was performed under 5 bar and lasted 1000 s (a full cycle of mini-press,
Mareco). The supernatant (Figure 3a) was weighted on the calibrated analytical balance
Acculab ALC-3100.2. The quality of supernatant in terms of its cleanness was assessed
every time visually. The TS concentration of the sludge cake produced by sludge pressing
was determined.
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2.3. Elemental Analysis and Lower Calorific Value

The elemental analysis (EA) of the digestate was performed in order to calculate two
parameters—the lower calorific value and universal factor to describe AD substrates—which
were used to estimate the sludge cake TSS concentration in full-scale AD [31], the so-called
C/N × ash parameter (Equation (2)):

5.53 × C
N

× ash + 7.14 (2)

where C/N is the ratio between C and N content in the digestate; ash is the mass fraction
(1-VSS/TSS) (the empirical values obtained experimentally were 5.53 and 7.14 for VSS and
TSS, respectively).

For the EA, an integrated sample was collected for each type of digestate over
a period of 4 days in a row, and dried at 105 ◦C. EA was performed in triplicate ev-
ery other week with the Elementar vario EL Cube (Elementar Analysensysteme GmbH,
Langenselbold, Germany).

The lower calorific value was calculated based on the average data on ash content
from the EA of digestate samples. Thus, the LCVsludge (kJ·kg−1) was calculated according
to (Equation (3)) [34]:

LCVsludge = 4.18 × (94.19 × C − 0.5501 − 52.14 × H) (3)

where 4.18, 92.19, 0.5501, 52.14 are empirical coefficients calculated on the basis of experi-
mental data; C is the carbon weight fraction (%); H is the hydrogen weight fraction, (%).

2.4. Pathogenic Bacteria Indicators

Digestate hygienisation was evaluated by assessing the pathogenic bacteria indicators.
Firstly, digestate samples were pre-treated as follows: 1 g of a digested sludge sample was
diluted in 9 mL of physiological solution (9 g of NaCl in 1 L of distilled water and then
sterilised). Then, it was diluted to 10−2 and 10−3. To measure the total counts of bacteria,
as indicators of organotrophic and faecal contamination, the following microorganisms
were chosen: culturable aerobic microorganisms cultivated at 22 ◦C and 36 ◦C [35], total
coliforms and E. coli [36,37] and Clostridium perfringens [38]. The cultivation procedure
for microorganisms cultivated at 22 ◦C and 36 ◦C was as described below: 1 mL of the
pre-treated and diluted digested sludge sample was added to a Petri dish; then, the
sterilised growth medium [35] was poured into the Petri dish. The procedure of the faecal
contamination indicators cultivation was slightly different: 0.2 mL of the pre-treated and
diluted digested sludge sample was placed directly on the surface of the sterilised growth
medium [36–38] placed in a Petri dish earlier.

2.5. Analytical Methods
2.5.1. Biogas Production and Composition

Biogas production was measured by the Ritter MilliGascounter “MGC-1 V3.4 PMMA”
(Qmin = 1 mL/h; Qmax = 1 L/h; Pmax: 5.0 mbar; preciseness: ±3%) from RITTER Apparate-
bau GmbH and Co, Bochum, Germany. The MilliGascounters were filled with the HCl
1.8% solution at the liquid phase to avoid any dissolving and outgassing processes (mainly,
this relates to the presence of CO2) to the greatest possible extent.

The biogas composition was assessed using the gas chromatograph (GC) Shimadzu
GC-2014 (Shimadzu Europa, Duisburg, F.R. Germany) with a thermal conductivity de-
tector (temperature 185 ◦C) and injection via on-column with packed column (packed by
HayeSep D 100/120 mash; oven: isotherm 130 ◦C, flow 30 mL/min; carrier gas—Helium).
A total of 1.0 mL of biogas produced was withdrawn with a tight syringe, and introduced
into the column, which evaluated the gaseous composition. The percentage of carbon
dioxide, methane and nitrogen was detected in each sample. Hydrogen content was
monitored using GC 8000 Top Gas Chromatograph by CE Instruments Ltd., Hindley

9



Water 2021, 13, 2839

Green, UK, with a thermal conductivity detector (temperature 185 ◦C) and injection via on-
column with packed column (packed by HayeSep D 100/120 mash; oven: isotherm 100 ◦C,
flow 30 mL/min; carrier gas—Helium). The specific methane production Qsp.methane
(L/gCODadded) was calculated in the following way (Equation (4)):

Qsp.methane =
Qmethane

(Wdose × CODsubstrate)
(4)

where Qmethane—daily methane production, L/day; Wdose—substrate volume added, L/day;
CODsubstrate—COD concentration in the substrate, gCODadded/L.

2.5.2. Suspended Solids

The solid analysis of the sludge formed the basic characterization of the sample. The
test determined the content of Total Solids (TS), Volatile Solids (VS), Dissolved Solids (DS),
Fixed Solids (FS), Total Suspended Solids (TSS) and Volatile Suspended Solids (VSS). In
order to determine the solid content of the sludge, the procedures described by Standard
Methods, APHA [39] were used.

2.5.3. Chemical Oxygen Demand

All samples were analysed accordingly to the Standard Methods [39]. To determine
the total COD (tCOD), the samples were usually diluted, so that measured COD values
fell within the detection limits of the spectrophotometer Hach Lange DRB-3900 (Hach,
Prague, Czech Republic) set at 600 nm wavelength. For boiling the samples, an incubating
mineralizer Hach Lange DRB-200 (Hach, Prague, Czech Republic) was used. All samples
were measured in triplicates.

2.5.4. Temperature, pH and VFA Measurement

The monitored temperature, as well as pH of the media, were measured online by
means of Polilyte Plus H Arc 225 from Hamilton Bonaduz AG, Rapperswil-Jona, Switzer-
land. All four probes were connected to the computer and LabView 2012 software to be
able to log the data online.

The VFAs were measured weekly, employing GC Shimadzu GC-2010 (Europa, Duis-
burg, F.R. Germany) with a flame ionization detector and capillary column CP-Vax58 of
25 m length and 0.25 mm inner diameter (HPST s.r.o., Prague, Czech Republic). The oven
program was the following: 70 ◦C with a rate of 15 ◦C/min to 134 ◦C and isotherm for
1 min. Total time of analysis was 5.27 min. Injection temperature was 270 ◦C at the split
mode. Detector temperature was 300 ◦C.

The samples were prepared by centrifuging the digestate for 10 min at 13,083 rpm in
the centrifuge Sigma 3–16 P (SIGMA Laborzentrifugen GmbH, Osterode am Harz, Ger-
many), filtered through a filter ACRODISC PSF (Filter Concept s.r.o., Ostrava, Czech Republic)
with a 0.45 μm diameter pore size and diluted ten times before the measurement.

The VFA concentration QVFA (g/gCODadded) was calculated in the following way
(according to Equation (5)):

QVFA =
CVFA × Vreactor

Wdose × CODsubstrate
(5)

where CVFA—daily VFA concentration, g/L; Vreactor—working volume of the reactor, L;
Wdose—substrate volume added, L/day; CODsubstrate—COD concentration in the substrate,
gCODadded/L.

2.6. Statistics

For performing the statistical analysis, statistical technique ANOVA (Analysis of
Variance) was used.

A one-way ANOVA technique was applied. That meant that only one independent
variable—the temperature of AD process—was used. Statistical verification of significance

10



Water 2021, 13, 2839

was performed at significance level a = 0.05. For statistically significant results, the further
Scheffé’s method was applied.

The Scheffé’s method was used for the multiple comparison of the average values (or
contrasts). The estimation of each contrast for three procedures was defined as follows
(according to Equation (6)):

ψ̂i,j = xi − xj (6)

where i �= j and were equal, from 1 to 3, to the number of contrasts.
The Scheffé’s test is the most conservative procedure as it provides the narrowest con-

fidence interval. The confidence interval within Scheffé’s test is defined as (Equation (7)):

ψ̂i,j ±
√
(I − 1)× s × F × (

1
ri
+

1
rj
) (7)

where ψ̂i,j is the i-, j- contrast, I is a number of parameter levels (in this case, I = 3), ri, rj is a
number of repetition in i-, j- levels; s—the residual standard deviation (from ANOVA), F is
the critical F-value for (1-a) and ((I-1); (N-I)) degrees of freedom, N is the total number of
experiments in ANOVA table.

If the confidence interval for i-, j- contrast contained zero value, the contrast
was non-significant.

3. Results and Discussion

3.1. Anaerobic Digestion Performance

The organic matter degradation efficiency was one of the fundamental parameters of
the AD process. As the substrate characteristics changed during the digester operation,
the average values of VS and VSS, and removal efficiency, were calculated separately for
both experimental periods: Phase A with an HRT of 19 days and Phase B with an HRT of
13.5 days (Table 2).

Table 2. Organic matter removal in the mesophilic, thermophilic and temperature-phased anaerobic digestion systems.

Phase Parameter TAD MAD TPAD1 TPAD2 Substrate

Phase A,
at HRT =
19.0 days

Digestate VS, g/L 30.8 ± 1.7 31.3 ± 2.6 35.4 ± 4.1 28.6 ± 1.0 42.3 ± 4.1
VS removal, % 27.2 26.0 16.3 32.4 -

Digestate VSS, g/L 21.0 ± 1.8 25.2 ± 2.6 28.0 ± 3.0 22.2 ± 1.7 37.5 ± 3.4
VSS removal, % 44.0 32.8 25.3 40.8 -

Phase B,
at HRT =
13.5 days

Digestate VS, g/L 32.6 ± 0.9 32.0 ± 0.7 35.6 ± 1.0 30.1 ± 0.5 46.5 ± 0.6
VS removal, % 22.9 24.3 15.8 28.8 -

Digestate VSS, g/L 21.6 ± 1.2 23.7 ± 0.7 27.6 ± 0.6 20.8 ± 0.8 42.2 ± 2.1
VSS removal, % 42.9 36.8 26.4 44.5 -

Footnote 1. VS and VSS removal in TPAD2 column express the total efficiency of the TPAD process. Footnote2. VS—volatile solids;
VSS—volatile suspended solids; TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-
phased anaerobic digestion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD; HRT—hydraulic retention time.

The achieved VS removal efficiency (23–32%) was relatively low, which reflected
the fact that only thickened waste-activated sludge was used as a substrate, and that the
systems were operated at a relatively high organic loading rate of 2.24–2.25 kg·m−3·day−1

(Phase A) and 3.58–3.62 kg·m−3·d−1 (Phase B) as a result of the relatively short HRT
(Table 1). Similar VS removal rates (30–40%) were measured by [40] for WAS as a substrate.
Oppositely, [22] registered the additional 8% of VS removal at TPAD compared to the
conventional MAD. The results showed that the VS removal efficiency decreased by only
2–5% after changing from 19 days (Phase A) to 13.5 days (Phase B) of HRT: 4.3% for TAD,
1.7% for MAD and 4.1% for TPAD. In terms of VSS, there was a slight removal rate increase
of 1% for TAD, which was negligible as the standard deviation was around the same
value, a bigger removal rate increase of 4% for MAD and 4.8% for TPAD. This meant that
shortening the HRT reduced the degradation efficiency of all AD systems. However, the
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acceptable efficiency was still achieved even at a significantly shortened HRT, especially in
TPAD. The authors of [41] also stated higher efficiencies for the organic matter removal
rate (30%) and methane production (26–60%) at TPAD than at any single-stage AD with
the same HRT.

The operation of the TAD at a short retention time was the least stable, which resulted
in a poor VS degradation efficiency and the accumulation of VFA (Table 3).

Table 3. The VFA concentration.

Phases
VFAs, mgCOD/L

TAD MAD TPAD1 TPAD2

Phase A, HRT = 19.0 days 3858.3 ± 973.1 519.1 ± 184.5 7451.8 ± 1777.7 522.4 ± 145.4
Phase B, HRT = 13.5 days 4821.1 ± 195.0 328.9 ± 43.2 7809.7 ± 534.0 366.8 ± 17.9

Footnote. VFA—volatile fatty acids; TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-
phased anaerobic digestion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD; HRT—hydraulic retention time.

Table 3 shows the average VFA concentrations in the various digesters. The highest
concentration of VFA was found in TPAD1, where acidogenesis was the aim. The high
concentration of VFA in TAD indicated a lower stability of the thermophilic process under
the tested conditions for both HRTs. In contrast, both mesophilic digesters (MAD and
TPAD2) showed very low VFA concentrations and a stable performance at both HRTs.

The results of methane production (Table 4) corresponded well with the VS degrada-
tion efficiency (Table 2).

Table 4. Specific methane production.

Phase
Methane Production, mL/g CODadded

TAD MAD TPAD1 TPAD2 TPAD

Phase A, at HRT = 19 days 169.4 ± 9.2 156.0 ± 9.1 46.1 ± 4.0 186.9 ± 10.7 233.1 ± 12.0
Phase B, at HRT = 13.5 days 116.5 ± 12.0 133.9 ± 26.4 40.2 ± 8.1 132.0 ± 9.8 172.3 ± 11.6

Footnote. COD—chemical oxygen demand; HRT—hydraulic retention time; TAD—thermophilic anaerobic digestion; MAD—mesophilic
anaerobic digestion; TPAD—temperature-phased anaerobic digestion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD;
HRT—hydraulic retention time.

The double-stage TPAD system achieved the highest specific methane production in
both periods: 233 mL/g COD added vs. 170 mL/g COD added for the TAD and 156 mL/g
COD added for the MAD (Phase A) and 172 mL/g COD added vs. 116.5 mL/g COD added
for the TAD and 134 mL/g COD added for the MAD (Phase B). Indeed, the TPAD system
reached comparable results with an HRT of 13.5 days (172 mL/g COD added) to TAD and
MAD with an HRT of 19 days (170 and 156 mL/g COD, respectively). According to the
statistical analysis performed, the difference in methane production at both Phases was
statistically significant for all AD systems. The correlations were considered statistically
significant at a 95% confidence interval (a < 0.05). The authors of [42] also proved that TPAD
showed a better performance in terms of methane production of up to 20% in comparison
to the single-stage MAD.

The double-stage TPAD system in principle separated the AD stages: hydrolysis and
acidogenesis took place in the 1st stage, while acetogenesis and methanogenesis occurred
in the 2nd stage [43]. Therefore, the second stage of the TPAD (TAPD2) was expected to
have the highest methane content in biogas (Table 5).
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Table 5. Biogas composition.

Phase

Biogas Content, %

TAD MAD TPAD1 TPAD2
CH4 CO2 CH4 CO2 CH4 CO2 CH4 CO2

Phase A,
at HRT = 19 days 61.7 ± 4.8 34.7 ± 5.0 66.1 ± 1.8 30.2 ± 3.6 58.9 ± 12.8 33.2 ± 8.4 70.9 ± 2.7 24.7 ± 2.7

Phase B,
at HRT = 13.5 days 61.7 ± 1.7 33.5 ± 2.3 64.2 ± 2.1 29.9 ± 1.6 53.4 ± 4.7 39.8 ± 5.0 71.4 ± 1.3 23.8 ± 0.9

Footnote. TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-phased anaerobic diges-
tion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD; HRT—hydraulic retention time.

Moreover, the methane content in TPAD1 was expected to be much lower because of
the very short retention time (2.0 days). According to the literature, the generation time of
methanogens may vary in a broad range of 0.1–12.4 days [32]. In this case, the presence of
methanogens can be explained by the production of a biofilm on the digester walls and
the mixing device. To our best knowledge, a much higher retention time of the biofilm in
comparison with the suspended biomass allowed for an accumulation of methanogens
inside the digester, as the HRT of TPAD1 of 2 days was not enough to avoid washing out
the methanogens [22]. However, the presence of fast-growing methanogens (generation
time 4–12 h) could not be ruled out either [44], especially when any of the other means
for methanogenic inhibition such as lowering the pH and dosing methanogenic inhibitors
were not performed [19].

Our experimental results suggested that the TPAD system was beneficial due to an
improved hydrolysis and acidogenesis in the first stage, and optimized conditions for
methanogenesis in the second stage. Such a system seemed to be sufficiently efficient,
mainly at a short total HRT of TPAD up to 14 days, which could reduce the footprint and
investment costs. The authors of [45] stated HRT to be a crucial parameter that can influence
the efficiency of AD, and an HRT of 30 days allows all types of AD to become more or less
the same in terms of biogas production, which makes the more energy-demanding TAD
and TPAD less economically interesting. The authors of [42,46] underlined that the first
stage of TPAD was the most efficient at 2–3 days, when the total HRT was less than 20 days.

3.2. Digestate Dewaterability
3.2.1. Centrifugation

The dewaterability of the digestates from the TAD, MAD and TPAD systems was
determined by means of a dewaterability coefficient, which allowed for us to assess the con-
centration of dry matter in a dewatered digestate sample. Thus, the higher dewaterability
coefficient, the better dewatering efficiency (Table 6, Figure 4).

Table 6. Dewaterability coefficient of the digestates from MAD, TAD and TPAD reactors.

Phase
Dewaterability Coefficient, %

TAD MAD TPAD2

Phase A, at HRT = 19 days 16.1 ± 0.9 13.8 ± 0.7 14.8 ± 0.7
Phase B, at HRT = 13.5 days 17.4 ± 0.9 13.6 ± 0.6 15.7 ± 0.7

Footnote. TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-
phased anaerobic digestion; TPAD2—the second stage of TPAD; HRT—hydraulic retention time.

It was found that the difference among dewaterability coefficients was relatively small,
but still statistically significant among all types of AD systems at both Phases. Hence,
the best dewaterability was determined for the digestate from TAD, followed by TPAD
and MAD. Furthermore, decreasing the HRT from 19 to 13.5 days did not decrease the
dewaterability; in fact, it was slightly increased for TAD and TPAD.

Specifically, at 19 days of HRT, the digestates’ dewaterability was 13.8%, 14.8% and
16.1% for the MAD, TPAD and TAD (Figure 4a), respectively; while, at 13.5 days of HRT,
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the digestates dewaterability was 13.6%, 15.7% and 17.4% for the MAD, TPAD and TAD
(Figure 4b), respectively (Table 6). Therefore, the dewaterability of TAD was 9.8% and 8.1%
higher than TPAD at 19 and 13.5 days of HRT, respectively, while the dewaterability of
TAD was 21.8% and 14.3% higher than MAD at 19 and 13.5 days of HRT, respectively.
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Figure 4. Dewaterability coefficient at Phase A (a) and at Phase B (b).

Hence, despite just a slight effect of the HRT change from 13.5 to 19 days on all types
of AD digestate dewaterability, the digestate from TAD showed, continuously, a better
performance concerning the ability to “lose” water under the centrifugal forces. The worst
quality of digestate after MAD can be explained by a lower degradability of the sludge in
terms of VSS (Table 2).

3.2.2. Mechanical Pressing

To the best of our knowledge, the sludge cake concentrations obtained by the mechan-
ical pressing method was in good agreement with the range of results generally achieved
in full-scale wastewater treatment plants [47,48]. The ratio between the wet sample and
dry cake weight showed how much the digestate could be dewatered. The results of
mechanical pressing are depicted in Table 7.

Table 7. The results of mechanical pressing.

Phase Parameter TAD MAD TPAD2

Phase A, at HRT = 19.0 days TS of sludge cake, % 25.0 ± 1.0 26.1 ± 3.8 25.6 ± 1.7
polymer dose, g/kgTS 35.0 35.0 35.0

Phase B, at HRT = 13.5 days TS of sludge cake, % 30.8 ± 4.2 31.4 ± 2.4 28.7 ± 4.3
polymer dose, g/kgTS 30.0 30.0 32.5

Footnote. TS—total solids; TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-phased
anaerobic digestion; TPAD2—the second stage of TPAD; HRT—hydraulic retention time.

14



Water 2021, 13, 2839

In agreement with centrifugation results, the digestate dewaterability did not decrease
with HRT. In fact, it was slightly improved after decreasing the HRT from 19 to 13.5 days
(Table 7). In addition, the optimal dose of flocculant was slightly lower at the shorter HRT:
35 vs. 30–23.5 g/kgTS for 19 and 13.5 days of HRT, respectively. However, statistically, the
obtained results turned out to be insignificant.

The results of different dewaterability measurement methods were quite different,
which went along with the literature [31]. However, the trend was similar to another study
where TAD-digested sludge showed a better ability to be dewatered and demanded a
higher flocculant consumption [49].

The way dewaterability influences the final disposal is straightforward: it is always
better when it is as high as possible as by removing the contained water, the sludge reduces
in volume, which is beneficial, at least in transportation expenses and any following
final disposal starting from old-fashioned landfilling and heading to its reuse in road
construction via incineration or direct usage in agriculture [10,29,32].

3.3. Elemental Analysis and Lower Calorific Value

The digested sludge quality was also characterized by the elemental analysis (Table 8).

Table 8. The elemental composition of digested sludge (average values).

Phase Element, % TAD MAD TPAD1 TPAD2 Substrate

Phase A,
at HRT = 19.0 days

N 3.87 ± 0.05 4.23 ± 0.21 4.31 ± 0.05 3.83 ± 0.22 5.37 ± 0.13
C 25.70 ± 0.27 25.56 ± 0.25 27.32 ± 0.70 24.60 ± 0.19 30.26 ± 0.50
H 4.39 ± 0.14 4.36 ± 0.12 4.65 ± 0.11 4.29 ± 0.06 4.97 ± 0.19
S 0.85 ± 0.02 0.84 ± 0.01 0.84 ± 0.01 0.88 ± 0.04 0.77 ± 0.01
O 65.20 ± 0.48 65.01 ± 0.59 62.88 ± 0.87 66.41 ± 0.51 58.64 ± 0.82

Phase B,
at HRT = 13.5 days

N 4.50 ± 0.06 5.18 ± 0.17 5.06 ± 0.07 4.61 ± 0.07 6.50 ± 0.03
C 30.75 ± 0.53 30.45 ± 0.34 32.58 ± 0.07 29.80 ± 0.59 35.28 ± 0.30
H 4.77 ± 0.21 4.74 ± 0.18 4.95 ± 0.23 4.63 ± 0.27 5.31 ± 0.20
S 0.92 ± 0.03 0.98 ± 0.01 0.90 ± 0.03 0.99 ± 0.01 0.81 ± 0.01
O 59.06 ± 0.79 58.66 ± 0.28 56.52 ± 0.35 59.97 ± 0.80 52.10 ± 0.50

Footnote. TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-phased anaerobic diges-
tion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD; HRT—hydraulic retention time.

Furthermore, the lower calorific value was calculated according to the literature [34]
and assessed with respect to the initial value of the substrate LCV (Table 9).

Table 9. Lower calorific value of the digested sludges and substrate.

Phase

TAD MAD TPAD1 TPAD2 Substrate

LCV, kJ/kg
Loss in
LCV, %

LCV, kJ/kg
Loss in
LCV, %

LCV, kJ/kg
Loss in
LCV, %

LCV, kJ/kg
Loss in
LCV, %

LCV, kJ/kg
Loss in
LCV, %

Phase A, at
HRT = 19.0 days 9157 ± 76 15.4 9111 ± 73 15.8 9742 ± 251 10.0 8750 ± 63 19.2 10,827 ± 155 -

Phase B, at
HRT = 13.5 days 11,127 ± 97 13.0 10,949 ±

137 14.3 11,715 ± 29 8.4 10,793 ± 89 15.6 12,783 ± 8.9 -

Footnote. LCV—lower calorific value; TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion;
TPAD—temperature-phased anaerobic digestion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD; HRT—hydraulic
retention time.

During the AD process, part of the substrate organic matter content was biodegraded
and converted into methane; thus, reducing the lower energy content of the sludge, here
determined by the LCV [50]. The highest LCV decrease was observed in TPAD (around
19% with HRT of 19 days), which supported the highest rate of organics transformation
into biogas. In addition, according to the statistical ANOVA test, it was assessed that the
obtained LCV data were significantly different only at Phase A (HRT = 19.0 days) and in
between TAD–TPAD and MAD–TPAD. This went along with the data on the VS removal
rate (Table 2): 32.4% of VS removal at TPAD against 27.2% at TAD and 26.0% at MAD.
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The same trend was observed regarding the methane production (Table 4): 233.1 mL/g
CODadded at TPAD vs. 169.4 mL/g CODadded at TAD and 156.0 mL/g CODadded at MAD.
Which brings us to interesting hypotheses: (1) the longer the HRT, the bigger the difference
among the introduced AD systems; (2) the longer the HRT, the bigger the difference
between single- and double-stage AD systems.

Considering the sludge cake concentration presented in Table 9, it can be stated
that, despite the leftover water content, the real calorific value (related to the wet sludge
cake after dewatering) remained quite high, which is important especially when thermal
treatment is applied as the final treatment process. As it is known, according to Tanner’s
triangle, the autothermic process of combustion is highly dependent of the fuel LCV and
possible unless the LCV of the digestate is lower than 50% of the loss in the LCV [51].

It was reported that an elemental analysis of the sludge can also be used for the
prediction of the dewatered sludge cake TSS concentration [31]. The results depicted in
Table 10 had a certain extent of correlation with the solids content of digestate samples
after mechanical pressing, shown in Table 7.

Table 10. Sludge cake solids prediction for the digestate after AD and its correlation with mechanical pressing results.

Phase

TAD MAD TPAD Substrate

Cake
Solids as
TSS, %

Correl.
Coef.

Cake
Solids as
TSS, %

Correl.
Coef.

Cake
Solids as
TSS, %

Correl.
Coef.

Cake
Solids as
TSS, %

Correl.
Coef.

Phase A, at
HRT = 19.0 days 26.5 1.06 23.8 0.91 25.6 1.00 20.4 -

Phase B, at
HRT = 13.5 days 23.6 0.77 20.6 0.66 22.9 0.80 16.0 -

Footnote. TSS—total suspended solids; TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion;
TPAD—temperature-phased anaerobic digestion; correl. coef.—correlation coefficient between the mechanical pressing results (Table 7)
and sludge cake solids concentration calculated according to [31]; HRT—hydraulic retention time.

It was noted that at Phase A (HRT = 19.0 days), the correlation coefficient was around
1.0 for all AD systems. At Phase B (HRT = 13.5 days), the correlation coefficient was
approximately 20% lower than for the correspondent AD system. It showed that, at a
longer HRT, the theoretically calculated prognosis on sludge cake solids concentration was
closer (±10%) to the experimental results of the dewatering process by mechanical pressing
than at the shorter HRT (lower by 20–30%, on average). This means that at HRTs shorter
than 19.0 days, the calculated results on sludge dewaterability properties and based on EA
should be verified by laboratory experiments. There might be obtained actual results better
than anticipated by theoretical calculations.

3.4. Hygienisation Efficiency Assessment

It is known that sewage sludge contains different types of pathogens, including eggs of
parasitic worms, bacteria and viruses. AD is one of the effective methods for the reduction
in pathogens to allow the safe application of digested sludge for agriculture [4]. However,
depending on the temperature regime, the results of hygienisation may vary: after MAD,
the digestate did not meet the requirements that would permit to apply the digestate as a
fertilizer to soil; meanwhile, after TAD, the digestate possessed higher pathogenic safety
results [52]. Thus, normally, the TAD digestate meets the requirements of Class A biosolids,
which are not feasible for MAD [53].

Microbiological analyses were performed to evaluate the potential of digestate to be
applied on agricultural fields, directly or after a post-treatment step, which is one of the
final disposal applications of digestate [3] (Table 11).
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Table 11. Microbiological characterization of the digested sludge concerning the pathogenic safety.

Phase
Microbiological

Parameter

WAS from the
Feeding

Bucket, Stored
at +11.5 ◦C

TAD MAD TPAD1 TPAD2

Phase A,
at HRT = 19.0 days

Microorganisms
cultivated at 22 ◦C,

CFU/g *
2.5 × 106 2.1 × 104 6.2 × 104 3.7 × 104 1.3 × 105

Microorganisms
cultivated at 36 ◦C,

CFU/g *
1.2 × 106 1.4 × 104 7.4 × 104 3.3 × 104 9.1 × 104

COLI, CFU/g * 8.2 × 104 <1 299 <1 38
E. coli, (CFU/g * 4.9 × 104 <1 155 <1 <1
CLO, CFU/g * 2.3 × 104 2.5 × 103 1.3 × 104 1.5 × 104 4.8 × 103

Phase B,
at HRT = 13.5 days

Microorganisms
cultivated at 22 ◦C,

CFU/g *
2.8 × 107 1.4 × 105 1.2 × 106 4.0 × 105 1.2 × 106

Microorganisms
cultivated at 36 ◦C,

CFU/g *
1.2 × 107 2.2 × 105 9.8 × 105 9.7 × 105 1.7 × 106

COLI, CFU/g * 3.7 × 104 <1 38 <1 <1
E. coli, (CFU/g * 2.0 × 103 <1 20 <1 <1
CLO, CFU/g * 5.0 × 104 1.4 × 103 1.8 × 104 9.2 × 103 4.9 × 103

* Footnote 1. CFU—colony-forming units; TC22 ◦C—total counts of culturable microorganisms at 22 ◦C; TC36 ◦C—total counts of culturable
microorganisms at 36 ◦C; COLI—total counts of coliforms, ECOLI—total counts of Escherichia coli, CLO—total counts of Clostridium
perfringens. Footnote 2. WAS—waste-activated sludge; TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion;
TPAD—temperature-phased anaerobic digestion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD; HRT—hydraulic
retention time.

Table 11 shows that both digestion systems using thermophilic conditions outper-
formed the mesophilic one. Concerning the mesophilic conditions, the reduction in
pathogenic bacteria was less efficient. Decreasing the HRT from 19 to 13.5 days did
not impair the pathogenic safety in all evaluated AD systems, since the results could be
even better.

The statistics revealed that the only significant difference in microbiological tests was
observed for Phase A with 19.0 days of HRT regarding two microbiological parameters
of coliforms and Escherichia coli, and only in relation to TAD and TPAD towards MAD.
The difference between TAD and TPAD was insignificant. TPAD achieved only slightly
worse results in comparison with TAD; however, the hygienisation was sufficient for the
application of digested sludge to soil, only in the case of Phase A with 19.0 days of HRT.
It was also noticed that, though the first stage of TPAD under thermophilic conditions
showed a number of coliforms and Escherichia coli below the detection level, after changing
to mesophilic conditions in the second stage, they appeared again, which might be of
concern when defining the HRT of each stage of the double-stage AD system. However, in
the TAD digestate, as well as in the TPAD digestate, pathogens were present in significantly
lower amounts than after the MAD process. This went along with the results obtained
by [49], which stated that after 2 days of the fermenter HRT under thermophilic conditions,
some pathogens were not detected, and after 3 days of the fermenter HRT, Escherichia
coli was completely deactivated. The assured pathogenic safety of TAD-digested sludge
and the sludge obtained after the TPAD system with an HRT of the fermenter being long
enough for the full deactivation of faecal indicators, allows for the sludge to be directly
used in agriculture [5].

3.5. Comparison of Results

All the data obtained were evaluated and placed into Table 12 for a better assessment.

17



Water 2021, 13, 2839

Table 12. Comparison of the obtained data concerning TAD, MAD and TPAD.

Phase Parameter TAD MAD TPAD1 TPAD2 TPAD

Phase A,
at HRT = 19.0 days

VS removal, % + - ND ++ ND
VFA concentration,

mgCOD/L + ++ - ++ ND

Methane production,
mL/gCODadded

++ ++ - ++ +++

Dewaterability coefficient, % ++ - ND + ND
Polymer dose, g/kgTS - - ND - ND

LCV, kJ/kg + + ND - ND
Cake solids as TSS, % ++ - ND + ND

Microorganisms cultivated
at 22 ◦C, CFU/g +++ + ++ - ND

Microorganisms cultivated
at 36 ◦C, CFU/g +++ + ++ - ND

COLI, CFU/g + - + + ND
E. coli, CFU/g + - + + ND
CLO, CFU/g + - - + ND
WWTP-LCA * + - ND ND ++

SL-LCA ** ++ + ND ND 0

Phase B,
at HRT = 13.5 days

VS removal, % - - ND + ND
VFA concentration,

mgCOD/L + ++ - ++ ND

Methane production,
mL/gCODadded

++ ++ - ++ +++

Dewaterability coefficient, % ++ - ND + ND
Polymer dose, g/kgTS - - ND + ND

LCV, kJ/kg + + ND - ND
Cake solids as TSS, % ++ - ND + ND

Microorganisms cultivated
at 22 ◦C, CFU/g ++ - + - ND

Microorganisms cultivated
at 36 ◦C, CFU/g ++ + + - ND

COLI, CFU/g - - - - ND
E. coli, CFU/g - - - - ND
CLO, CFU/g +++ - + ++ -

Footnote 1: “-”—the worst result of all; “+”, “++”, “+++”—relative estimation in comparison to the worst result (the more “+”, the better
results compared to “-”-result); ND—no data. Footnote 2: VS—volatile solids; TS—total solids; TSS—total suspended solids; VFA—volatile
fatty acids; COD—chemical oxygen demand; LCV—lower calorific value; CFU—colony-forming units; TC22 ◦C—total counts of culturable
microorganisms at 22 ◦C; TC36 ◦C—total counts of culturable microorganisms at 36 ◦C; COLI—total counts of coliforms; ECOLI—total
counts of Escherichia coli; CLO—total counts of Clostridium perfringens; TAD—thermophilic anaerobic digestion; MAD—mesophilic
anaerobic digestion; TPAD—temperature-phased anaerobic digestion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD;
HRT—hydraulic retention time.* Footnote 3: WWTP-LCA—life cycle assessment of each AD system analysed separately as a part of the
whole WWTP with the functional unit of 1 m3 of treated wastewater (performed only for Phase A; HRT—19.0 days) [2]. ** Footnote 4:
SL-LCA—life cycle assessment of each AD system analysed separately as an AD system only with the functional unit of 1 m3 of produced
methane (performed only for Phase A; HRT—19.0 days) [2].

When considering Table 12, all the measured parameters can be split into five groups
(for Phases A and B altogether, as there was a negligible difference between the Phases):
(1) organic matter degradation efficiency and methane production; (2) process stability
(VFA content); (3) sludge quality (dewaterability); (4) final disposal as a fuel (LCV); (5) final
disposal as a fertilizer (microbiological parameters). An additional 6th group was assessed
for Phase A only—(6) environmental burden (LCA)—, as the LCA was performed only at
an HRT of 19 days [2]. The results are depicted in Table 13.
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Table 13. Final comparison of TAD, MAD and TPAD.

Phase Parameter TAD MAD TPAD

Phases A
and B

Degradation efficiency and
methane production 2 3 1

Process stability (VFA content) 2 1 1
Digestate quality (dewaterability) 1 3 2

Final disposal as a fuel (LCV) 1 1 2
Final disposal as a fertilizer

(pathogen safety) 1 3 2

5-group average value 1.40 2.20 1.60

Phase A
Environmental burden 1 3 2
6-group average value 1.33 2.33 1.67

Footnote 1: “1”—one point which relates to the best result; “2”—two points mean the middle-point result; “3”—three points mean the worst
result. Footnote 2: VS—volatile solids; TS—total solids; TSS—total suspended solids; VFA—volatile fatty acids; COD—chemical oxygen
demand; LCV—lower calorific value; CFU—colony-forming units; TC22 ◦C—total counts of culturable microorganisms at 22 ◦C; TC36
◦C—total counts of culturable microorganisms at 36 ◦C; COLI—total counts of coliforms; ECOLI—total counts of Escherichia coli; CLO—total
counts of Clostridium perfringens; TAD—thermophilic anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-
phased anaerobic digestion; TPAD1—the first stage of TPAD; TPAD2—the second stage of TPAD; HRT—hydraulic retention time.

Based on Table 13, it can be stated that at both Phases and, correspondently, at
both HRTs of 19 and 13.5 days, TAD outperformed. Additionally, the included LCA
estimation [2] allowed TAD to obtain more “points” and improve the final mark from 1.40
to 1.33. The difference, according to the five-group-parameter averages, TAD obtained a
0.2-point advantage over TPAD, and TPAD obtained a 0.6-point advantage over MAD,
which resulted in a difference between TAD and MAD of up to 0.8. Looking at the six-group
average values, it can be claimed that the results were even more improved for TAD and
worsened for TPAD and MAD. The TAD advantage over TPAD grew up to 0.34 points, and
the TPAD advantage went up to 0.66 points; the overall difference between TAD and MAD
went up to 1.0.

It is important to mention that Table 13 represents quite a rough estimation, as only
the main characteristics of the AD process were compared. In addition, each character-
istic of AD had a different value economically—and ecologically—wise, which has to
be considered when making a choice of AD systems for implementation at each WWTP
individually. Hence, a bigger number of groups could be presented, and, in its turn, each
group (including the introduced ones) could contain more AD parameters. Nevertheless,
it gave a good overview of single—and double—stage AD systems according to main
process characteristics specifically grouped according to the total AD efficiency, its stability,
digestate quality and its possible final disposal.

The obtained data can be compared with the data published earlier—Table 14.

Table 14. Comparison of TAD, MAD and TPAD results with other studies.

Phase Parameter TAD MAD TPAD
Other
Source

Phases A
and B

Degradation efficiency as
VS decrease, %

Study 22.9–27.2 26.0–32.8 28.8–32.4 -
Other sources - 24–34 38–48 [40]

Specific methane
production, mL/gVSdded

Study 168–244 * 189–220 * 314–413 * -

Other sources - 111–185
140

370
360

[40]
[19]

Process stability as VFA
content, mgCOD/L

Study 3.9–4.8 0.3–0.5 0.4–0.5 -
Other sources 0.87 ** 0.16 ** 0.31 ** [45]

Energetic value as LCV
loss, kJ/kg

Study 13.0–15.4 14.3–15.8 15.6–19.2 -
Other sources 16.24 ** 16.74 ** 16.59 ** [45]

Footnote 1: VS—volatile solids; VFA—volatile fatty acids; COD—chemical oxygen demand; LCV—lower calorific value; TAD—thermophilic
anaerobic digestion; MAD—mesophilic anaerobic digestion; TPAD—temperature-phased anaerobic digestion; HRT—hydraulic retention
time. * Footnote 2: The average values of specific methane production were recalculated to gVSdded based on data in Table 2. ** Footnote 3:
The data presented in the literature source relate to food waste, not sewage sludge.

19



Water 2021, 13, 2839

In addition to Table 14 data, it is needed to mention that [41,54,55] stated that the
TPAD process with 15 days of HRT outperforms any of the single-stage systems in terms of
dewaterability, though there are still many unsettled issues about the sludge dewaterability
measurement and assessment [32]. The same was valid concerning pathogenic safety, with
the only exceptional requirement of a minimum HRT of the 1st stage, which should be
equal to 3 days. Hence, these studies indicate that TPAD seems to be the most beneficial
alternative among other AD systems at a short HRT, similarly as in the presented study.

4. Conclusions

Based on the results obtained in this study, the following conclusions can be drawn:

1. Organic matter removal and methane production experimental data clearly showed
that TPAD obtained the best results, followed by TAD and, finally, by MAD.

2. Regarding the dewaterability, the results varied depending on the physical mechanism
of the dewatering test. By centrifugation without flocculant addition, the highest
dewaterability was obtained by TAD, which was 8.1% and 9.8% higher than TPAD and
14.3% and 21% higher than MAD during both HRTs (13.5 and 19.0 days, respectively).
The mechanical pressing results showed the statistical insignificance among the
AD systems.

3. The calorific value of the sludge was reduced by 19.2% after TPAD at Phase A with an
HRT of 19 days, which was the only statistically significant difference between TPAD
and TAD/MAD. At Phase B with an HRT of 13.5, none of the AD systems showed
any statistical difference in relation to the other ad systems.

4. The deactivation of pathogens was proven for the TAD digestate regardless of the
HRT, but not for the MAD digestate, while TPAD showed different results depending
on the HRT. It seems that the HRT of the first stage of TPAD is crucial in relation to
the TPAD digestate’s pathogenic safety. Hence, the possibility of using the TPAD
digestate directly for agricultural purposes might still be a concern.

To sum up the digested quality evaluation, several sludge properties were quantified
and compared to aggregate data for making a decision about the suitability of different
sludge types for different sludge valorisation routes. It was shown that the TAD digestate
can be applied directly in agriculture, while the TPAD digestate might also be used as a
fertilizer successfully, depending on the fermenter HRT assuring pathogenic safety. With
the highest absolute value of LCV (for dry sludge), MAD was the best for being used
as a fuel, preserving a higher portion of organic matter not transformed into biogas, but
losing this advantage due to the worst dewaterability in comparison with TAD and TPAD.
In terms of the environmental burden, TAD turned out to be the most environmentally
friendly one, followed by TPAD and MAD.

In agreement with other studies, it can be stated that the double-stage TPAD system
was the most beneficial AD system among the others, allowing a flexible sludge valorisation
in different ways. However, its output is highly dependent on: (1) the AD substrate and its
characteristics; (2) properly selected operating parameters such as the temperature regime,
HRT and OLR.
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Abbreviations
AD anaerobic digestion
COD chemical oxygen demand
EA elemental analysis
GC gas chromatography
HRT hydraulic retention time
LCA life cycle assessment
LCV lower calorific value
MAD mesophilic anaerobic digestion
OLR organic loading rate
PE people equivalent

SL-LCA
life cycle assessment of each AD system analysed separately as an AD system only
with the functional unit of 1 m3 of produced methane

sCOD soluble chemical oxygen demand
tCOD total chemical oxygen demand
TAD thermophilic anaerobic digestion
TPAD temperature-phased anaerobic digestion
TPAD1 the first stage (fermenter) of TPAD
TPAD2 the second stage of TPAD
TS total solids
TSS total suspended solids
V reactor working volume
VFA volatile fatty acid
VS volatile solids
VSS volatile suspended solids
WAS waste-activated sludge
WRRF water resource recovery facility
WWTP wastewater treatment plant

WWTP-LCA
life cycle assessment of each AD system analysed separately as a part of the whole
WWTP with the functional unit of 1 m3 of treated wastewater
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Abstract: Anaerobic digestion using low-cost biodigesters (LCB) is a promising alternative for Colom-
bian producers of non-centrifugal cane sugar (NCS). Since the integration of anaerobic digestion
technology in this agro-industry is novel, it is critical to understand the factors that affect the accep-
tance behavior of such technology by NCS producers to develop future policies that promote the
adoption of sustainable energy alternatives. This study aimed to analyze NCS producers’ behavioral
intention to use LCB by utilizing an extended technology acceptance model (TAM). Data from a
survey of 182 producers were used to evaluate the proposed model empirically. The extended TAM
accounted for 78% of the variance in producers’ behavioral intention to use LCB. Thus, LCB accept-
ability could be fairly precisely predicted on the basis of producers’ intentions. This study’s findings
contribute to research on the TAM and provide a better understanding of the factors influencing NCS
producers’ behavioral intention to use LCB. Furthermore, this approach can assist policymakers at
the local and global levels, given that NCS is produced in various developing countries worldwide.

Keywords: anaerobic digestion acceptance; structural equation model; energy policy; sustainable
energy technology; rural development

1. Introduction

The traditional production of non-centrifugal cane sugar (NCS) from sugarcane is found
in many developing countries [1]. For example, NCS production in Colombia is the coun-
try’s second-largest agricultural sector, after coffee, with 220,000 ha of sugarcane cultivation.
Over 350,000 families participate in this agro-industry, which generates 287,000 direct jobs
and employs approximately 12% of the country’s economically active rural population [2].
However, the NCS agro-industry has historically faced many challenges related to low agri-
cultural and processing productivity, substandard product quality, and producer organization
issues, all of which have hampered entry into new markets. The latter is reflected in the fact
that a sizable proportion of producers and workers live in poverty. The sugarcane used in
NCS production generates approximately 24.6% of its mass in organic waste, resulting in
negative environmental impacts. This agro-industry generates 3.9 million tons of waste per
year (according to Colombian production conditions). Crop residues are normally burned in
the open air, or wastewater is dumped into bodies of water, resulting in odors, greenhouse

Water 2021, 13, 2566. https://doi.org/10.3390/w13182566 https://www.mdpi.com/journal/water

25



Water 2021, 13, 2566

gas (GHG) emissions, and water and soil pollution [3]. The issue of finding alternatives to the
waste generated by the agro-industry is currently being addressed.

Previous research has revealed that anaerobic digestion (AD) technology contributes
to sustainability and a circular bioeconomy in different agro-industrial sectors [4,5]. Among
alternative conversion methods, AD was shown to be the most sustainable biomass-to-
energy technology for municipal waste management, with 34 indicators utilized within the
context of three-dimensional sustainability (economic, environmental, and social) [6]. The
increase in the number of agricultural biogas plants is a manifestation of the ongoing energy
transition and an opportunity to achieve the objectives related to the implementation of
the circular bioeconomy [7]. Specifically, recent research has shown that the main residues
in NCS production (i.e., agricultural crop residues and sugarcane scum), when managed
by AD, achieve synergy for bioenergy production [8]. A maximum methane yield of
0.276 Nm3 CH4·kg−1 VSadded was obtained for co-digestion, which constitutes an efficient
form to take advantage of biomass. Subsequently, the feasibility of the AD process in
low-cost biodigesters with a tubular configuration was determined, achieving a specific
biogas production of 0.132 m3·kg−1 VS with a methane content of 50.4%, and profitability
indicators confirmed the economic viability of the technology for NCS producers [9].
Then, through a life-cycle analysis, the environmental sustainability of the AD technology
integrated into the NCS production process was documented, highlighting the mitigation
of the eutrophication impact categories up to 99% [10]. As a result, renewable fuel (biogas)
and a biofertilizer (digestate) were obtained to assist the NCS sector in transitioning to
sustainability and a circular bioeconomy.

Although the technical feasibility and the economic [9] and environmental [10] benefits
of integrating low-cost biodigesters (LCB) into the NCS sector have been established, the
producers’ acceptance of this technology has not been assessed. The overwhelming majority
of AD studies have been approached from a technical, environmental, and economic
perspective. Nevertheless, social acceptance, which is a pillar of sustainability and circular
bioeconomy for technology adoption, has not been considered. The social acceptance of
sustainable energy production systems should be addressed before the implementation
stage, which would help stakeholders create policies that help spread the technology.
Understanding the fundamentals of the factors influencing NCS producers’ acceptance of
LCB will assist in making successful decisions to disseminate AD technology. Technology
acceptance is considered a very important issue in the field of agriculture. Many theories
and models have been used to accurately and systematically identify factors affecting
innovation acceptance [11].

The technology acceptance model (TAM) and theory of planned behavior under per-
ceived production risks were combined to analyze the factors affecting farmers’ intentions
to adopt information and communication technologies in intensive shrimp production in
Vietnam [12]. The TAM has also been used to promote smart farming by Iran farmers [13],
for which constructs were established that directly impact behavioral intention. On the
other hand, a systematic review was carried out to adopt digital agricultural technologies
to transform current agricultural systems toward sustainability, based on the diffusion of
innovation theory (DIT) [14]. The constructs employed in the TAM, integrated with the
perceived innovation characteristics of the DIT, provided an even more robust model than
either of the two models alone [15,16]. TAM and DIT have been used in a variety of disci-
plines such as water resource management [17,18], sociology [19,20], and agriculture [21].
However, the TAM and DIT could be combined with additional variables to improve the
model’s predictive capacity. This could offer an approach toward the acceptance of anaer-
obic digestion technology/innovation. Despite the vast amount of research undertaken
using the TAM in additional scientific fields, the literature has not explored its application
in the waste management sector or, in particular, in AD technology. This study attempts
to fill this gap by understanding the factors that affect the acceptance of AD technology
by NCS producers in Colombia toward the adoption of LCB through an extended TAM.
Overall, this study contributes to research on the TAM and, for the first time, to an under-
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standing of NCS producers’ LCB acceptance behavior. The TAM integrated with DIT, as
well as two additional constructs (perceived self-efficacy and facilitating conditions) used
in this work, is a more comprehensive model for analyzing LCB acceptance but has not
been used in previous waste management studies. This empirical research supports the
validity of this integrated model and constitutes an important contribution to adopting new
sustainable energy technologies for developing countries. The findings of this study can
help policymakers encourage NCS producers to use LCB and overcome some of the bottle-
necks that arise during the implementation of such technology as a waste management
tool and its contribution to the circular bioeconomy.

2. Materials and Methods

2.1. Extended Technology Acceptance Model

The technology acceptance model (TAM) is a popular model widely used in numerous
studies on the acceptance and usage of information technologies [22]. The TAM determines
technology acceptance (actual use) based on behavioral intention to use. Behavioral
intention to use is influenced by attitude toward use and the direct and indirect effects of
perceived usefulness and perceived ease of use. The degree to which an individual believes
that using a particular system will improve their job performance is described as perceived
usefulness. In contrast, perceived ease of use refers to how much a person thinks it would
be free of effort to use the system. Both constructs, perceived usefulness and perceived ease
of use, jointly affect the attitude toward use, while perceived ease of use directly impacts
perceived usefulness.

The TAM model proposed by Venkatesh and Davis [23] eliminates the component
attitude toward use (which previously mediated some of the impact of perceived usefulness
and perceived ease of use). As with the original TAM, the actual use of technology is
determined by behavioral intention to use. The latter is the focus of this study to predict
AD technology acceptance. According to the modified Venkatesh and Davis [23] model,
the following hypotheses were proposed:

Hypotheses 1 (H1). Perceived usefulness has a direct effect on behavioral intention to use.

Hypotheses 2 (H2). Perceived ease of use has a direct effect on behavioral intention to use.

Hypotheses 3 (H3). Perceived ease of use has a direct effect on perceived usefulness.

Rogers [24] proposed the DIT, which is now widely used to define and justify adopt-
ing technologies, ranging from agricultural tools to organizational developments. Five
innovation characteristics are included in the DIT: relative advantage, compatibility, com-
plexity, trialability, and observability. However, previous research has found that only
relative advantage, compatibility, and complexity are consistently linked to innovation
acceptance [25]. Perceived usefulness is similar to relative advantage, while perceived
ease of use is similar to complexity. On the other hand, compatibility refers to how well
an innovation fits into potential adopters’ existing values, past experiences, and needs.
Potential adopters will shy away from a new idea if it does not match society’s traditions
and values. The DIT is similar to the TAM in that it emphasizes the psychological and
social influences on an individual’s behavioral intention to adopt new technology [22].
According to this modified model, and taking compatibility as a construct in the TAM, the
following hypotheses were proposed:

Hypotheses 4 (H4). Compatibility has a direct effect on perceived usefulness.

Hypotheses 5 (H5). Compatibility has a direct effect on behavioral intention to use.

Previous research has demonstrated that the TAM’s predictive ability could be en-
hanced by incorporating additional variables [26]. More precisely, it has been shown
that the concepts of perceived self-efficacy and facilitating conditions are significant de-
terminants of behavioral intention to use new technologies. Perceived self-efficacy is a
construct that explains how an individual assesses their own ability to perform a task suc-
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cessfully [27]. Perceived self-efficacy is a key predictor of behavior because completing a job
depends not only on a person’s knowledge but also on the person’s belief in their ability to
complete it. Concerning LCBs’ acceptance, perceived self-efficacy would indicate how NCS
producers would perceive their ability, experience, skills, and expertise required for the
use of AD technology integrated into the NCS process. As a result, perceived self-efficacy
plays an important role in LCB acceptance, leading to the following hypothesis:

Hypotheses 6 (H6). Perceived self-efficacy has a direct effect on behavioral intention to use.

Facilitating conditions refer to an individual’s belief that an adequate organizational
and technical infrastructure level exists to support the system’s use [28]. In the context
of LCB, facilitating conditions include various approaches to meeting producers’ needs,
such as related training programs and workshops, technical consultants, and technical
guidelines. Therefore, the following hypothesis was included in the model:

Hypotheses 7 (H7). Facilitating conditions have a direct effect on behavioral intention to use.

In this study, the TAM was integrated with the DIT and two additional constructs
(perceived self-efficacy and facilitating conditions) to model acceptance of LCB by NCS
producers. TAM provided the constructs of perceived usefulness, perceived ease of use,
and behavioral intention to use. The DIT was used to elicit the concept of compatibility. The
model also incorporates the other two external constructs, namely, perceived self-efficacy
and facilitating conditions. The model used in this study is depicted in Figure 1; the dotted
line in the figure denotes the study’s scope, which is to predict Colombian NCS producers’
behavioral intention to accept LCBs.

 

Figure 1. Extended technology acceptance model for LCB acceptance by NCS producers.

2.2. Survey

A structured survey was used to elicit data on the sample’s sociodemographic char-
acteristics, and a series of items was used to assess the constructs. The measures for all
constructs were adapted from previously validated instruments and contextualized for
LCB acceptance. Perceived usefulness, perceived ease of use, and behavioral intention to
use were derived from prior research on the TAM [22,29,30]. The compatibility measures
were adapted from Rogers [24], while the LCB perceived self-efficacy items were tailored
from Venkatesh and Davis [29]. Venkatesh et al. [28] provided the facilitating conditions
items modified for use in the current study.

The study’s data collection method was through interviews with NCS producers. The
survey consisted of two sections. The first section consisted of six questions capturing
NCS producers’ and production units’ characteristics, including sex, age, formation, NCS
production experience, sugarcane area, and yearly NCS production. The second section
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collected data on producers’ perceptions of the model’s variables. This section included
16 items that assessed the six constructs (perceived usefulness, perceived ease of use,
compatibility, perceived self-efficacy, facilitating conditions, and behavioral intention to
use). All variables were measured using a five-point Likert scale (1: totally disagree,
2: disagree, 3: I have no idea, 4: agree, and 5: totally agree). The survey was initially
reviewed by three NCS producers and three local extension agents to adjust the elements
and constructs used in the research and explain the instrument’s terminology, content, and
general design. The survey application was then tested with 12 NCS producers to ensure
they understood the questions, technical terms, and measurement scales. The researchers’
observations and feedback from producers and local extension officers resulted in minor
revisions to the survey instructions, the rewording of several items, and an explanation for
several technical terms. Once the instrument was reviewed and adjusted, the definitive
information was collected for the investigation.

2.3. Study Area and Sample

Figure 2 shows the area planted with sugar cane for the production of NCS in Colombia
distributed in the country by departments. The following departments are highlighted:
Boyacá, Santander, Nariño, Antioquia, Cundinamarca, Tolima, Huila, and Cauca. The
annual average air temperature for cultivation is 26–32 ◦C during the day and 13–17 ◦C
at night [31]. The AD technology-based alternative for waste management is still in its
early stages of adoption, which is why this research is so important for the government
and private entities seeking its early implementation.

Figure 2. Map of the study area: sugarcane plantations in Colombia used to produce NCS; adapted
from AGRONET [32].

Snowball and convenience sampling techniques were used to collect data for this
study. Initially, respondents were chosen on the basis of proximity and ease of access
to the researchers during the survey, using convenience sampling as a nonprobability
sampling technique with an accidental sampling technique. The first wave of respon-
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dents recommended potential NCS producers to include in this study via a chain-referral
system [33].

2.4. Data Analysis

Linear structural relations (LISREL 10.20 [34]), a conventional and multilevel structural
equation modeling program, was used for descriptive statistics and data modeling. The
measurement instrument’s reliability and validity were assessed using reliability, discrimi-
nant, and convergent validity criteria. Cronbach’s alpha coefficient was used to determine
the survey instrument’s reliability [35]. Convergent and discriminant constructs validity
were examined using average variance extracted analysis [36] and Pearson’s correlation
coefficient evaluated using Evans [37] guidelines (correlation levels: negligible = 0.00–0.19,
weak = 0.20–0.39, moderate = 0.40–0.59, strong = 0.60–0.79, very strong = 0.80–1.00). The
kurtosis and skewness of each construct were computed to verify the distribution of the
data (normality). Additionally, exploratory factor analysis was used to determine the
convergent validity of each construct.

The hypothesized relationships were tested using structural equation modeling. Path
analysis was used to test the hypothesized relationships between variables and the theo-
retical model presented in Figure 1 based on multiple regression analyses. According to
the model developed in the theoretical framework, two regression models were used to
investigate the relationships between the variables. The relationship between perceived
usefulness, the dependent variable, and compatibility and perceived ease of use, the inde-
pendent variables, was examined in model 1. Model 2 examined the relationship between
behavioral intention to use and perceived usefulness, perceived ease of use, compatibility,
perceived self-efficacy, and facilitating conditions.

Evaluation of model fit is not as straightforward in structural equation modeling as in
statistical approaches based on error-free variables. Because no single statistical significance
test can reliably identify the correct model given the sample data, it is necessary to consider
multiple criteria and evaluate model fit using multiple concurrent measures. For each estima-
tion procedure, many goodness-of-fit indices are given to determine if the model is consistent
with the empirical evidence. The present study used the significance test (χ2 test statistic) and
descriptive goodness-of-fit measures to evaluate the model’s fit. For the latter, the following
indices were used [38]: root-mean-square error of approximation (RMSEA), standardized
root-mean-square residual (SRMR), non-normed fit index (NNFI), comparative fit index (CFI),
goodness-of-fit index (GFI), and adjusted goodness-of-fit index (AGFI).

3. Results and Discussion

3.1. Descriptive Statistics

In total, 187 responses were collected from Colombia’s major NCS-producing de-
partments. Five of the cases that responded provided insufficient information and were
discarded, leaving 182 questionnaires completed. MacCallum [39] suggested 100–200 cases
to obtain factor solutions that are adequately stable and closely correspond to the popula-
tion factors.

Table 1 shows the demographic profile of the respondents. Agro-industrial activities
of the processing of sugarcane to produce NCS have been led by the male gender. Women
in rural areas of developing countries are frequently prevented from working outside the
home and on family farms due to cultural, social, and religious norms [40]. The majority
of respondents were in the age category 46–55 years. Meanwhile, almost 30% of the
respondents corresponded to a population entering older adulthood (>56 years). This
aging phenomenon is currently facing the NCS agro-industry, in which a slow generational
change is perceived. Most NCS producers had a good education level; only 6.59% had no
formal education at all, 39.01% had an elementary school education (5 years of schooling),
26.37% had completed high school (11 years of education), and some NCS producers
(28.02%) had obtained a college degree (education spanning more than 11 years).
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Table 1. Demographic attributes of the respondents (N = 182).

Variables Frequency Percentage

Gender
Female 13 7.14
Male 169 92.86

Age (mean = 49.46 years)
Less than 35 years 30 16.48

From 35 to 45 years 28 15.38
From 46 to 55 years 73 40.11
From 56 to 65 years 33 18.13
More than 65 years 18 9.89

Education
No education at all 12 6.59
Elementary school 71 39.01

High school graduate 48 26.37
Some college 51 28.02

NCS production experience
(mean = 29.14 years)

Less than 10 years 18 9.89
From 10 to 20 years 41 22.53
From 21 to 30 years 15 8.24
More than 30 years 108 59.34

Area sowed in sugar cane (mean = 21.68 ha)
Less than 5 ha 13 7.14

From 5 to 25 ha 136 74.73
From 26 to 50 ha 25 13.74
From 51 to 75 ha 5 2.75
More than 75 ha 4 2.20

Annual NCS production (mean = 150.72 t)
Less than 25 t 12 6.59

From 25 to 50 t 35 19.23
From 51 to 100 t 59 32.42

From 101 to 200 t 45 24.73
More than 200 t 31 17.03

NCS producer location
Boyacá 25 13.74

Santander 27 14.84
Nariño 18 9.89

Antioquia 22 12.09
Cundinamarca 34 18.68

Tolima 20 10.99
Huila 22 12.09
Cauca 14 7.69

The majority of NCS producers surveyed had extensive experience producing NCS
(average 29.14 years); a sizable percentage (59.34%) had more than 30 years of experience.
Because NCS production has been a family tradition, the link with the agro-industry is
established at an early age. The vast majority (74.73%) of NCS producers owned between
5 and 25 ha of sugarcane. As a result, the majority of producers in the study area were
small-scale. NCS production averaged 150.72 t per year, with most producers producing
between 51 and 100 t (sugarcane yield ranges between 4 and 11 t·year−1·ha−1). The location
of the NCS producers revealed a dispersion across the Colombian territory, encompassing
the primary NCS producing departments for this study.
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3.2. Reliability and Validity Testing

The initial statistical results of the data collected with the measurement instrument
are shown in Table 2.

Table 2. Statistical analysis of the data obtained with the measuring instrument.

Construct Compatibility
Perceived Ease

of Use
Perceived

Usefulness
Perceived

Self-Efficacy
Facilitating
Conditions

Behavioral
Intention to Use

Covariance matrix

Compatibility 0.84
Perceived ease of use 0.28 0.62
Perceived usefulness 0.41 0.27 0.74

Perceived self-efficacy 0.25 0.23 0.26 0.79
Facilitating conditions 0.32 0.22 0.33 0.33 0.88

Behavioral intention to use 0.51 0.38 0.47 0.42 0.49 0.90

Pearson’s correlation matrix

Compatibility 1.00

Perceived ease of use 0.46
(0.000) 1.00

Perceived usefulness 0.53
(0.000)

0.50
(0.000) 1.00

Perceived self-efficacy 0.31
(0.004)

0.41
(0.000)

0.36
(0.000) 1.00

Facilitating conditions 0.36
(0.000)

0.36
(0.000)

0.42
(0.000)

0.40
(0.000) 1.00

Behavioral intention to use 0.62
(0.000)

0.64
(0.000)

0.63
(0.000)

0.55
(0.000)

0.58
(0.000) 1.00

Statistics

Mean 4.19 4.57 4.41 4.12 4.08 4.30

Standard deviation 0.92 0.65 0.82 0.97 0.97 0.90

Skewness 1.02 1.36 1.30 1.09 1.26 1.22

Kurtosis 0.45 1.22 1.05 1.13 1.38 0.92

Cronbach’s alpha 0.85 0.93 0.83 0.83 0.89 -

The average variance extracted (AVE) square root is presented on the covariance matrix’s main diagonal. The values in parentheses in the
Pearson correlation matrix show the significance of the values (two-tailed).

Cronbach’s alpha coefficient of the measurement instrument had an average value of
0.87, indicating a high internal consistency level, since it was higher than the recommended
minimum of 0.8 for basic research purposes [34]. Therefore, the reliability of the survey
instrument was confirmed. Furthermore, the average variance extracted (AVE) square
root was much larger than all other cross-correlations for the sample. The square root
of the AVE for all measures exceeded the recommended level of 0.5 [35] (ranged from
0.62 to 0.90), indicating that the hypothesized constructs accounted for more than half
of the variability observed in the items. Pearson’s correlation matrix results showed
that the independent variables were positively correlated from moderate to strong with
behavioral intention to use (ranged from 0.55 to 0.64). In contrast, perceived usefulness
was linked from weak to moderate with compatibility and perceived ease of use. However,
all variables were significantly correlated with the behavioral intention to use and each
other at p < 0.01 (values in parentheses). The mean values of all variables were above four
and with standard deviations between 0.65 and 0.97, indicating that the vast majority of
respondents agreed with or tended to agree with the variables’ statements. Furthermore,
the distribution of the data was mainly of moderate normality since the absolute values of
skewness and kurtosis averaged 1.18, which is in the range of 1 to 2.3 reported by Lei and
Lomax [41], except for compatibility kurtosis, which was considered a normal distribution
(<1). As a result, the data analysis using structural equation modeling was adequate.

Constructs with the measurable indicators and the factor loading are shown in Table 3.
The factor loading coefficient is the correlation coefficient between the constructs and the
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factor analysis measures. This analysis revealed that all measures had factor loadings
greater than 0.6 (if a correlation with an instrument measuring the same construct is >0.50,
convergent validity is generally considered adequate [42]), thus verifying the convergent
validity of each construct. Thus, the criteria above confirmed the measurement instrument’s
reliability, convergent validity, and discriminant validity.

Table 3. Factor analysis between the constructs and the measurable variables.

Construct Measures Factor Loading

Compatibility

Using the low-cost biodigesters is compatible with most aspects of an NCS mill 0.83
Using low-cost biodigesters to produce bioenergy and biofertilizer is compatible

with the environment and climate of this region 0.89

Using the low-cost biodigesters for the benefit of NCS production is consistent
with the financial situation of the process 0.71

Perceived ease of use
Learning to operate the low-cost biodigesters would be easy for me 0.94

The interaction with the low-cost biodigesters would be easy for me to understand 0.86
I would find the low-cost biodigesters easy to use 0.91

Perceived usefulness
Using the low-cost biodigesters would save time and money 0.72

The low-cost biodigesters would support critical aspects in an NCS mill 0.82
I would find the low-cost biodigesters useful in an NCS mill 0.81

Perceived self-efficacy

I could use the low-cost biodigesters if there were no one around to tell me what to
do as I go 0.64

I could use the low-cost biodigesters if I saw someone else using them before
trying them myself 0.86

I could use the low-cost biodigesters if someone showed me how to do it first 0.90

Facilitating conditions

I have the resources necessary to use the low-cost biodigesters 0.88
I have enough knowledge to use the low-cost biodigesters 0.84

Given the resources, opportunities, and knowledge it takes to use the low-cost
biodigesters, it would be easy for me to use it 0.83

Behavioral intention to use Assuming I had access to the low-cost biodigesters, I would intend to use it -

The experience of the producers in NCS production confirmed the maturity of the
studied sector (Table 1). Likewise, the low level of non-schooling, associated with the accep-
tance of the variables investigated, allowed us to discern a concern among NCS producers
based not only on survival but also on environmental conservation. Therefore, producers
perceived that AD technology could be a solution for sustainable waste management and
agro-industry benefit.

3.3. Model Fit Evaluation

The maximum likelihood was the fit function used for the structural equation models.
It is consistent and efficient, does not depend on the scale, and is normally distributed if the
observed variables are moderately normal [43]. The extent to which the specified models
fit the empirical data is shown in Table 4. The degrees of freedom (df) were 24 and 90 for
models 1 and 2, respectively. Therefore, the χ2 test statistic associated with the significance
test (p-value) demonstrated the good fit of the models to the data.

The root-mean-square error of approximation (RMSEA) is a statistic that indicates
the population’s approximate fit and, hence, the difference caused by approximation [44].
RMSEA values were zero in both models; thus, it was inferred that they fit the population
approximately well. Furthermore, the lower boundary (left side) of the 90% confidence
interval for RMSEA was zero for both models. The standardized root-mean-square residual
index (SRMR) is an overall badness-of-fit measure based on the fitted residuals first divided
by the standard deviations [45]. Models were found to have an SRMR within the good
model’s fit range. The other descriptive measures used to evaluate the fit of the models
(NNFI, CFI, GFI, and AGFI) presented good fit values according to the literature reviewed.
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Considering the previous results on the statistical indices, the adjustment of the
proposed models was validated.

Table 4. Results of the model fit evaluation.

Fit Measure Good Fit Reference Model 1 Model 2

χ2 0 ≤ χ2 ≤ 2df [46]
17.31 79.37

p-value 0.05 < p ≤ 1.00 0.84 0.78

RMSEA 0 ≤ RMSEA ≤ 0.05 [44] 0.00 0.00

SRMR 0 ≤ SRMR ≤ 0.05 [45] 0.02 0.03

NNFI 0.97 ≤ NNFI ≤ 1.00 [47] 1.00 1.00

CFI 0.97 ≤ CFI ≤ 1.00 [48] 1.00 1.00

GFI 0.95 ≤ GFI ≤ 1.00 [49] 0.98 0.95

AGFI 0.90 ≤ GFI ≤ 1.00
close to GFI [50] 0.96 0.92

χ2: chi-square. df : degrees of freedom (model 1 = 24, model 2 = 90). RMSEA: root-mean-square error of
approximation. SRMR: standardized root-mean-square residual. NNFI: non-normed fit index. CFI: comparative
fit index. GFI: goodness-of-fit index. AGFI: adjusted goodness-of-fit index.

3.4. Hypothesis Testing

The results of structural equation modeling are shown in Table 5. The unstandardized
coefficients of the independent variables showed positive correlations with their dependent
variables. The standard error averaged 0.073 and 0.111 for the independent variables in
models 1 and 2, respectively, which indicates an appropriate estimate. In models 1 and 2,
the standard error was lower (on average, 0.0215). The standard error shows how precisely
the parameter’s value was estimated; a smaller standard error denotes a more accurate
estimate. Furthermore, models 1 and 2 had variance errors of 0.0826 and 0.180, respectively,
sufficient for establishing the parameters. From the Z-values, it is possible to reject the null
hypothesis and accept the hypotheses proposed for each model (Z-values greater than 1.96
at a significance level of 5%).

Table 5. Multiple regression analysis results.

Independent Variable
Unstandardized Coefficients Standardized Coefficients

Z-Values p-Values
β Standard Error β

Model 1: Dependent variable: Perceived usefulness
Model statistics Errorvar = 0.0826, R2 = 0.741, Standard error = 0.0214, Z-value = 3.84, p-value = 0.00
Compatibility 0.48 0.072 0.64 6.66 0.000

Perceived ease of use 0.27 0.073 0.29 3.68 0.000

Model 2: Dependent variable: Behavioral intention to use
Model statistics Errorvar = 0.180, R2 = 0.777, Standard error = 0.0216, Z-value = 8.32, p-value = 0.00
Compatibility 0.25 0.112 0.21 2.23 0.026

Perceived ease of use 0.26 0.093 0.18 2.82 0.005
Perceived usefulness 0.41 0.189 0.26 2.19 0.029

Perceived self-efficacy 0.28 0.0877 0.19 3.14 0.002
Facilitating conditions 0.25 0.0721 0.21 3.41 0.001

The combined hypotheses’ path analysis results are shown in Figure 3. Compatibility
and perceived ease of use accounted for 74% of the variance in perceived usefulness
in model 1. Additionally, compatibility had the greatest effect on perceived usefulness
(H4) and was strongly supported (β = 0.64, Z = 6.66, p < 0.001). On the other hand, H3
achieved a lower β compared to H4. However, its contribution was also significantly
supported (β = 0.29, Z = 3.68, p < 0.001). Compatibility, perceived ease of use, perceived
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usefulness, perceived self-efficacy, and facilitating conditions explained 78% of the variance
of behavioral intention to use (model 2).

 
Figure 3. Illustration of the study’s empirical findings following the proposed model.

In model 2, the proposed Hypotheses H2 and H5 were corroborated, indicating
that perceived ease of use and compatibility also directly affect behavioral intention to
use. In this model, compatibility obtained a β greater than that of perceived ease of use
(0.21 > 0.18), but both effects (H2 and H5) were supported (Z > 1.96, p < 0.05). Similarly, the
effect of perceived usefulness on behavioral intention to use (H1) was verified (β = 0.26,
Z = 2.19, p < 0.05), obtaining the highest β coefficient among the proposed constructs
on behavioral intention to use. H6 examined the relationship between perceived self-
efficacy and behavioral intention to use. As expected, there was a significant correlation
(β = 0.19, Z = 3.14, p < 0.01), confirming this hypothesis. H7 was associated with the effect
of facilitating conditions on behavioral intention to use. H7’s path was significant (β = 0.21,
Z = 3.41, p < 0.01). Therefore, H7 was supported. Overall, it was determined that all path
coefficients were statistically significant.

There were indirect effects of some explanatory variables on the dependent variables,
in addition to the direct effects summarized in Figure 3. These effects resulted from
multiplying all of the direct effects from the explanatory variable through the causal path
(e.g., compatibility on perceived usefulness) to the final dependent variable (e.g., behavioral
intention to use). Table 6 summarizes the total effect of each explanatory variable on the
dependent variables, including direct and indirect effects. The strongest overall effect was
for compatibility on the behavioral intention to use LCB (0.38), followed by perceived ease
of use and perceived usefulness (both 0.26), facilitating conditions (0.21), and perceived
self-efficacy (0.19).

Table 6. Variables’ direct, indirect, and total effects on dependent variables.

Variable

Effect on

Perceived Usefulness Behavioral Intention to Use

Direct Indirect Total Direct Indirect Total

Compatibility 0.64 - 0.64 0.21 0.17 0.38
Perceived ease of use 0.29 - 0.29 0.18 0.08 0.26
Perceived usefulness 0.26 - 0.26

Perceived self-efficacy 0.19 - 0.19
Facilitating conditions 0.21 - 0.21

The total effect is equal to the sum of the direct and indirect effects. The direct effects occur without the intervention of any other variable
in the model (i.e., all significant beta values from Figure 3). The indirect effects were calculated by multiplying the coefficients of each
independent variable by the coefficients of the related dependent variables.
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The extended TAM developed in this study was successfully applied in the context
of LCB acceptance by NCS producers, demonstrating the model’s robustness. The results
indicate that an extended TAM model can capture some of the unique contextual character-
istics of NCS producers in terms of LCB acceptance. The findings suggest that producers’
intentions accurately predict the factors that affect the acceptance of AD technology by
NCS producers, confirmed by pathway analysis (Figure 3), showing that all seven initial
hypotheses were supported (Tables 5 and 6). Thus, behavioral intention is significantly af-
fected by compatibility, perceived ease of use, perceived usefulness, perceived self-efficacy,
and facilitating conditions.

Similar findings have been reported in previous studies examining the role of farmers’
intentions in accepting new technologies through TAM. For instance, when analyzing
the intention of sugar beet farmers to accept drip irrigation using the TAM with eight
constructs [21], it was possible to account for 59.3% of the variation in farmers’ behavioral
intentions. In another study, when explaining the acceptance and use of biological control
for rice stem borer [16], the TAM explained 78% of the variance in the behavioral intention;
however, the perceived ease of use construct was not significant. In contrast, this construct
was substantial in the present study, and the two-part model explained 74% of the perceived
usefulness variance and accounted for 78% of behavioral intention to use.

The TAM is a well-known technology acceptance theory, and evidence suggests it
holds in the agricultural context. However, a new model must be developed for each sector
to explain why a specific population accepts a certain technology; hence, the results of this
work confirm its importance.

The most significant effect on behavioral intention to use was compatibility (H5). This
result corroborates other hypotheses stating the critical role of compatibility with other
innovations to explain why the new technology is adopted [22,24]. Compatibility has been
crucial in selecting an appropriate rice stem borer management [51] and adopting precision
agriculture technology [15]. Compatibility may have had a high priority in the current study
because LCB is an on-site waste management technology for bioenergy and biofertilizer
production tailored to the needs of the NCS producer. Producers’ understanding that LCB
is consistent with the farm’s environmental conditions, process needs, and affordability
of the technology allows them to have a high perception of the advantages of LCB. As a
result, they will be more receptive to using LCB on their farms. Compatibility appears to be
the most important determinant of LCB success, and, as such, it must be considered when
promoting and implementing a technology transfer program. On the other hand, several
research studies have found that compatibility directly impacts perceived usefulness [16,52].
By knowing the advantages of LCB in advance, producers are more likely to consider the
usefulness of LCB if they consider it compatible with most of their farm conditions and
NCS processing activities (supporting H4).

In previous studies [23], perceived usefulness was consistently a strong predictor of
usage intention, and similar findings were found in this study (H1). Overall, respondents
found LCB useful for waste management, even though the technology has yet to be
implemented. Currently, LCB is a useful solution for organic waste generated in various
neighboring agro-industries that have benefited economically and environmentally from
the technology [53,54]. Perhaps due to these personal experiences, NCS producers are
more receptive to technology acceptance, as the utility benefits of LCB outweigh the
disadvantages of traditional waste management methods such as landfills or land disposal.

Like the perceived usefulness, the perceived ease of use, as one of the main constructs
of the original TAM, showed a strong determinant on the behavioral intention of use (H2).
Perceived ease of use refers to the degree to which an NCS producer “feels and perceives”
the use of an LCB effortlessly. Previous research has indicated that improving perceived
ease of use increases producers’ readiness to accept a new technology [21]. Additionally,
in the pre-implementation test, perceived ease of use directly and significantly affected
behavioral intention to use (little or no direct experience with a particular system) [26]. In
the present study, the producers perceived the use of LCB as easy. Therefore, perceived
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ease of use is a critical variable to consider during the early stages of dissemination, such
as the current study, because the success of technological diffusion is highly dependent
on it. Consistent with previous research findings [55,56], it was found that perceived ease
of use had a substantial positive effect on the perceived utility of LCB implementation
(supporting H3). This result indicates that if NCS producers can easily use the LCB, they
will consider it more useful.

Another novel result is the effect of facilitating conditions on producers’ behavioral
intention to use LCB in their practices (H7). Facilitating conditions represent a relatively
recent concept used in technology acceptance studies, but they are critical for potential
research applications [16]. The findings for this factor support the view that NCS producers
who frequently receive extension services and training would welcome any opportunity to
promote the use of LCB on their farms and support efforts to disseminate this technology.

The concept of perceived self-efficacy is central to social learning theory. As an
individual factor, perceived self-efficacy reflects an individual’s beliefs about their ability
to complete specific tasks [27]. In the context of the NCS agro-industry, individuals’
perceptions of their knowledge, skill, and capability for LCB application are reflected in
their perceived self-efficacy. According to a systematic literature review of TAM studies,
perceived self-efficacy is the first most commonly used external construct [57]. In this
respect, the role of perceived self-efficacy is key to understanding the behavioral intention
of NCS producers to use LCB (supporting H6). This finding could be explained by the fact
that people with high self-efficacy believe they can perform well using technology [58]. As
a result, they are more likely to try the technology and continue to evaluate its benefits.

4. Conclusions

Anaerobic digestion is considered the future of renewable energies with a sustainable
approach. In this sense, social acceptance must be analyzed to disseminate the LCB
without barriers in agricultural sectors as NCS producers. In this study, the extended
technology acceptance model (TAM) predicted the behavioral intention of non-centrifugal
cane sugar (NCS) producers to use low-cost digesters (LCB) in Colombia. The TAM
was successfully extended (in terms of model fit) by including three external factors
relevant to analyze the acceptance of LCB: perceived self-efficacy, facilitating conditions,
and compatibility as antecedents of behavioral intention to use. Path analysis showed that
the seven hypotheses proposed for the extended TAM were adequately supported with
Z-values greater than 1.96 at a significance level of 5%. The model’s constructs explained
74% of the variance in perceived usefulness and 78% in behavioral intention to use LCB.
The unexplained variance of the dependent variable implies that other variables can also
be found within the framework to increase the explanation level. For example, subjective
norms and personal relationships that seem to be about behavioral intention toward the
acceptance of LCB can be suitable determinants. In this work, the behavioral intention was
explained with five factors (i.e., compatibility, perceived self-efficacy, facilitating conditions,
perceived usefulness, and perceived ease of use). However, additional factors, such as
demographic characteristics of producers (e.g., gender, age, and education) and farm
structure characteristics (land size, sugarcane yield, etc.), also exist. These additional
factors can also influence the behavioral intention to use the AD technology. Considering
this perspective, future research needs to include such elements to build a comprehensive
model while maintaining conciseness. Lastly, Colombian NCS producers tended to concur
with accepting the integration of anaerobic digestion (AD) technology with the NCS agro-
industry. There is a sense of urgency surrounding implementing these AD systems in
the NCS agro-industry, which would avoid significant environmental impacts while also
generating economic benefits and social inclusion. The findings of this study contribute
to a new understanding of NCS producers’ perspectives on AD and serve as a guide for
developing strategies and resource management for developing countries’ technology
diffusion policies.
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Abstract: In this study the environmental impact of the anaerobic digestion (AD) of sewage sludge
within an activated sludge wastewater treatment plant (WWTP) was investigated. Three alternative
AD systems (mesophilic, thermophilic, and temperature-phased anaerobic digestion (TPAD)) were
compared to determine which system may have the best environmental performance. Two life cycle
assessments (LCA) were performed considering: (i) the whole WWTP (for a functional unit (FU) of
1 m3 of treated wastewater), and (ii) the sludge line (SL) alone (for FU of 1 m3 of produced methane).
The data for the LCA were obtained from previous laboratory experimental work in combination
with full-scale WWTP and literature. According to the results, the WWTP with TPAD outperforms
those with mesophilic and thermophilic AD in most analyzed impact categories (i.e., Human toxicity,
Ionizing radiation, Metal and Fossil depletion, Agricultural land occupation, Terrestrial acidification,
Freshwater eutrophication, and Ozone depletion), except for Climate change where the WWTP with
mesophilic AD performed better than with TPAD by 7%. In the case of the SL alone, the production of
heat and electricity (here accounted for as avoided environmental impacts) led to credits in most of the
analyzed impact categories except for Human toxicity where credits did not balance out the impacts
caused by the wastewater treatment system. The best AD alternative was thermophilic concerning all
environmental impact categories, besides Climate change and Human toxicity. Differences between
both LCA results may be attributed to the FU.

Keywords: anaerobic digestion (AD); biogas; life cycle assessment (LCA); methane; waste activated
sludge (WAS); wastewater treatment plant (WWTP)

1. Introduction

In conventional activated sludge wastewater treatment plants (WWTP), excess sludge is
continuously formed at the biological reactor of the wastewater treatment line. WWTP operational
expenses to handle the produced excess biological sludge, namely waste activated sludge (WAS),
together with primary sludge may go up to 50% [1–3]. It has been a long time since AD was adopted as
one of the most effective solutions of sewage sludge treatment in terms of sludge reduction, stabilization,
and resource recovery [4–6]. Previously, sewage sludge was considered only as waste, and its disposal
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on a regular basis was quite challenging [7,8]. Population growth and natural resources exhaustion
made it crucial to find a way out of this situation. Nowadays, sludge is considered as a source of
substances that can be recovered and reused [9–11].

The zero-waste approach and circular economy paradigm change the angle at which nutrients,
metals, organic matter, and other substances from WAS can be converted into valuable materials
like biofuels and biofertilizers. Resource recovery processes are being widely adopted, even though
recovery of certain substances, for instance, phosphorus still can be nonprofitable from the perspective
of economics [12] or environmental impacts [13]. This is mostly because of the low concentration of
valuable substances in the influent wastewater. However, as the world prices for phosphorus as for
irreplaceable fertilizer are increasing, its recovery from sludge has become extremely important in a
long-term perspective [14]. Currently, the attention is drawn to the reject water obtained after the AD
process where the concentration of nutrients is significantly higher than in the influent wastewater [15].
However, the temperature regime and configuration of AD may significantly influence the nutrient
concentration in the reject water and its volume [1,16,17].

AD is a biological process where organic matter is being biodegraded under anaerobic conditions,
leading to the production of biogas, a gaseous biofuel mostly composed of methane, along with the
digestate, which may be reused as biofertilizer. AD can be implemented with some variations in
temperature (mesophilic (M), 35–40 ◦C and thermophilic (T), 55–70 ◦C) [18] and configuration (one- and
two-stage reactors) [1,19]. Normally, the AD process consists of four main stages, namely hydrolysis,
acidogenesis, acetogenesis and methanogenesis, which take place in the same reactor in the case of
one-stage AD. Separate functioning of the first thermophilic (hydrolytic and acidogenic) and second
mesophilic (acetogenic and methanogenic) stages in two-stage AD is accomplished to overcome the
drawbacks of one-stage systems [20,21].

The most widely used anaerobic digester is a mesophilic one-stage, since its operation is known
as the most simple and stable [22,23]. Nevertheless, the tendency changes towards more metabolically
efficient and pathogenically safe digesters such as thermophilic one-stage or temperature-phased
two-stage reactors [24]. Temperature phased anaerobic digestion (TPAD) implies a combination of
thermophilic and mesophilic one-stage digesters and performs with better stability than thermophilic
and higher organic matter degradation rate than mesophilic, which means increased energy efficiency
and better control of process parameters [21,25].

Despite the increasing interest in thermophilic and TPAD systems’ application, there are few
studies comparing the environmental impact of full-scale WWTP with different AD systems [26] and
none concerning the comparison of the environmental impact of mesophilic, thermophilic, and TPAD
systems. The environmental impact assessment would allow for defining which AD system is the most
beneficial in terms of environmental protection. Thus, the objective of this study is to evaluate and
compare the environmental impacts of WWTP with different AD systems (M, T, TPAD) using the life
cycle assessment (LCA) methodology.

One methodological challenge that leads to variability in LCA results for multiproduct systems,
such as WWTPs, is the choice of a functional unit (FU) and its effect on the ecosystem. In this study,
two FUs are selected in order to demonstrate a more comprehensive picture of environmental influence
of AD implemented in the sludge line alone and at the whole WWTP [27].

The LCA approach is here used not only as a standard practice to estimate the environmental
burden of the technological process [22,28,29] on a micro level to compare the three AD options, but also
as an alternative to build up a regulatory planning system on a meso level to increase the efficiency
of project-level decision-making and to provide advice on potential improvements for the sector’s
management, and also to ensure the realization of strategic environmental goals [30].
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2. Materials and Methods

2.1. Anaerobic Digestion Systems

The LCA compared three different AD systems, namely, mesophilic, thermophilic, and TPAD.
Data on the operation and performance of these systems treating the same sewage sludge was
gathered from three lab-scale digesters which were run during five months [31]. The substrate was
thickened WAS, disintegrated through centrifugation (total solids (TS) = 71.8 ± 3.4 g/L, volatile solids
(VS) = 42.3 ± 4.1 g/L, chemical oxygen demand (COD) = 64.1 ± 4.1 g/L). The main features of the
mesophilic, thermophilic, and TPAD lab-scale systems are shown in Table 1.

Table 1. Performance of the mesophilic, thermophilic and temperature-phased anaerobic digestion
lab-scale systems. Values given as mean ± standard deviation.

Process Variable
(Units)

Thermophilic Mesophilic
TPAD

1st Stage 2nd Stage

Operational
conditions

Temperature (◦C) 57 ± 1.5 38 ± 1.5 57 ± 1.5 38 ± 1.5
HRT (days) 19 19 2 17

V (L) 8.45 8.45 1.0 8.45
OLR (g VS/L·day) 2.25 2.25 2.24

Biogas
production

Methane
production rate
(L CH4/L·day)

7.8 ± 0.5 7.1 ± 0.6 2.5 ± 0.4 9.9 ± 0.2

Methane yield
(L CH4/g COD) 0.17 ± 0.02 0.16 ± 0.02 0.05 ± 0.01 0.19 ± 0.02

Methane content in
biogas (% CH4) 61.7 ± 3.1 66.1 ± 1.8 58.9 ± 5.3 70.9 ± 2.7

Removal
efficiency

TS removal (%) 20.5 ± 2.4 18.5 ± 1.7 24.5 ± 2.2
VS removal (%) 27.6 ± 1.9 26.0 ± 2.6. 35.5 ± 1.2

Effluent
characteristics

pH 7.4 ± 0.06 7.5 ± 0.02 6.7 ± 0.13 7.6 ± 0.02
TS (g/L) 57.1 ± 2.4 58.5 ± 1.7 55.3 ± 2.2
VS (g/L) 30.7 ± 1.9 31.3 ± 2.6 28.6 ± 1.2

VS/TS (%) 53.8 53.5 51.7
COD (g/L) 43.2 ± 4.8 44.6 ± 3.7 48.8 ± 5.7 42.1 ± 1.2

2.2. Life Cycle Assessment

LCA is an analytical tool which allows to assess the environmental impacts of a product, technology,
or process according to the “cradle-to-grave” approach. This time-tested technique allows not only to
evaluate the potential environmental risks, but also define the life cycle stage and type of environmental
impacts. The application of this method may help to improve the studied product, technology,
or process by making its life cycle more friendly to the environment. LCA consists of four main
steps according to ISO 14040 (2006), and ISO 14042 (2006): (i) goal and scope definition; (ii) inventory
analysis; (iii) impact assessment; (iv) result interpretation.

2.2.1. Goal and Scope Definition

The goal of this study was to compare the potential environmental impacts of three types of AD
processes: (i) mesophilic; (ii) thermophilic; (iii) TPAD systems.

To this end, two LCA cases with two different functional units (FU) were conducted: first for an
activated sludge WWTP with the three different AD systems (here named as WWTP-LCA); second for
the sludge line alone with the three different AD systems (here named as SL-LCA).

Since it has been reported in literature that the choice of the FU may change the overall balance
of environmental impacts from harmful to beneficial and vice-versa [28], these two FUs were chosen
considering the major outputs and functions of a WWTP. For the first case, the FU was 1 m3 of treated
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wastewater, as the main function of the WWTP is to treat the wastewater stream. For the second case,
the FU was 1 m3 of produced methane, as one of the main functions in AD systems (also the secondary
one within WWTP) is to produce energy out of the methane contained in the biogas. Methane was taken
instead of biogas, as biogas might have a different content of methane depending on the AD system.

The two FUs were coupled with the system expansion approach (the alternative production of
energy and fertilizers) and adopted to evaluate the environmental burden of AD at both scales, the whole
WWTP (to assess the contribution of the sludge line to the whole WWTP) and the sludge line alone
(to highlight the potential environmental benefits from methane production as an additional function
of the system beyond the wastewater treatment). The application of two FUs would demonstrate a
deeper, more comprehensive and more transparent picture of AD implementation at the sludge line
and at the WWTP. Thus, applying the two FUs helps to present the environmental profile of each AD
from different points of view [4,27].

For both LCAs, a period of one-year operation was considered, as it is a timescale that is long
enough to assess the averaged operational parameters of any WWTP, including the fact that the
construction part was not estimated in the impacts’ analysis. The impacts of the construction phase
were not accounted for, since the dimensioned WWTP is the same for all three scenarios and LCAs,
and it would make the difference among three AD systems’ exploitation less evident [4,32].

To sum up, the system’s boundaries—for the first and second LCAs—consider the year-around
operation of the whole WWTP with three different AD technologies (Figure 1a), and the sludge
line alone with three different AD technologies (Figure 1b), respectively. Thus, three scenarios were
considered in each LCA; namely mesophilic (M), thermophilic (T), and temperature-phased anaerobic
digestion (TPAD).

2.2.2. Inventory Analysis

Inventory data for the WWTP-LCA and SL-LCA are summarized in Tables 2 and 3. Among the
inputs and outputs, the flows of materials and energy resources, gaseous emissions, and solid wastes
were considered. When possible, data from a full-scale facility was used, which was complemented by
data gathered in the lab-scale set-up described previously (Section 2.1) [33].

Full-scale data were taken from a WWTP with thermophilic AD operated by Veolia Česká
Republica, a.s. The full-scale operation was used to scale-up and validate the laboratory reactor results.
The rest of the information for the mesophilic one-stage and TPAD systems was calculated based on
different literature sources and benchmarking data of Veolia, a.s., as described below.

The input parameters included energy consumption, anti-bulking, anti-foaming and dewatering
agent dosage, gaseous emissions from the disposed digestates, digestate amounts. Calculated
parameters were energy consumption according to the literature [34], specific biogas production
based on benchmarking data of Veolia, a.s., as well as anti-bulking, anti-foaming and dewatering
agents’ dosages.

The final digestate amount for each AD system was estimated in correspondence with the VS
destruction observed in the lab-scale digesters (Table 1), which was consistent with other AD systems
studied in the literature [19,35,36].

Since the lab-scale set-up treated WAS and the full-scale plant used sewage sludge with 32.5%
WAS, the annual biogas production was recalculated for the thermophilic scenario based on the specific
biogas production of the corresponding laboratory reactor.

The heat and electricity production was calculated based on the annual biogas production and
technical equipment data (efficiency of combined heat and power unit) given by Veolia, a.s.

Annual gas emissions (CH4 and N2O) from the wastewater treatment process and disposed
digestates were estimated according to the literature [37,38].

Background data (chemicals, avoided fertilizers—that are contained in the digestate and can
be used in agriculture, transportation, wastewater treatment in a municipal wastewater treatment
plant, solid wastes, energy provider) were taken from Ecoivent 3.1 database [33]. For all electricity
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requirements, the Czech electricity mix was considered since the full-scale WWTP is located in the
Czech Republic [39] (which is composed of fossil 58.5%, nuclear 35.3%, solar 2.8%, hydro 2.7%,
wind −0.7%).

 

DIGESTERS

DIGESTERS

Figure 1. Flowcharts: (a) for life cycle assessment of the whole wastewater treatment plant (WWTP-LCA)
and (b) for life cycle assessment of the sludge line alone (SL-LCA).
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Table 2. Inventory data for the whole WWTP LCA (FU: 1 m3 of treated wastewater).

Type of Data WW/SL
Item Referred to FU Unit

T M TPAD

Input data

Energy consumption
WW + SL Total energy consumption 0.42 0.39 0.39 kWh/m3

WW Only for WW 0.32 0.31 0.3 kWh/m3

SL Only for SL 0.1 0.08 0.09 kWh/m3

Reagents

WW
Phosphorus precipitation agent 0.07 0.07 0.03 kg/m3

Sludge anti-bulking agent 0.05 0.05 0.05 kg/m3

SL

Thickening agent 1.23 × 10−4 1.23 × 10−4 1.23 × 10−4 kg/m3

Anti-foaming agent 2.63 × 10−4 5.27 × 10−4 5.27 × 10−4 kg/m3

Dewatering agent 0.002 0.001 0.002 kg/m3

Chemo dezodoration agent 1.0 × 10−5 1.0 × 10−5 1.0 × 10−5 kg/m3

Bio dezodoration agent 2.2 × 10−5 2.2 × 10−5 2.2 × 10−5 kg/m3

Output data

Waste

WW

Sand 0.02 0.02 0.02 kg/m3

Sand 0.001 0.001 0.001 t*km/m3

Coarse waste 0.04 0.04 0.04 kg/m3

Coarse waste 0.002 0.002 0.002 t*km/m3

Wastewater air emissions

CO 9 9 9 g/m3

SO2 0.03 0.03 0.03 g/m3

Ozone 0.08 0.08 0.08 g/m3

N2O 0.05 0.05 0.05 g/m3

H2S 0.0008 0.0008 0.0008 g/m3

NH3 2.8 2.8 2.8 g/m3

N2O 1.8 1.81 1.81 g/m3

CO2 81 81 81 g/m3

N2 41 41 41 g/m3

Wastewater contaminants

COD 0.04 0.04 0.04 kg/m3

SS 0.009 0.009 0.009 kg/m3

TN 0.02 0.02 0.02 kg/m3

TP 6.7 × 10−4 6.7 × 10−4 6.7 × 10−4 kg/m3

As 9.6 × 10−6 9.6 × 10−6 9.6 × 10−6 kg/m3

Pb 1.5 × 10−5 1.5 × 10−5 1.5 × 10−5 kg/m3

Cd 1.2 × 10−6 1.2 × 10−6 1.2 × 10−6 kg/m3

Cr 2.2 × 10−6 2.2 × 10−6 2.2 × 10−6 kg/m3

Cu 2.9 × 10−5 2.9 × 10−5 2.9 × 10−5 kg/m3

Ni 6.9 × 10−6 6.9 × 10−6 6.9 × 10−6 kg/m3

Zn 3.2 × 10−5 3.2 × 10−5 3.2 × 10−5 kg/m3

Hg 0.2 × 10−7 0.2 × 10−7 0.2 × 10−7 kg/m3

Digestate contaminants

SL

Dewatered digested sludge
(wet) 0.82 0.86 0.78 kg/m3

Dewatered digested sludge
(wet) 0.032 0.034 0.031 t*km/m3

Avoided products Electricity 0.23 0.22 0.35 kWh/m3

Heat 0.26 0.25 0.39 kWh/m3

Air emissions

H2S 2.0 × 10−4 2.0 × 10−4 2.0 × 10−4 g/m3

CH4 0.02 0.02 0.02 g/m3

CO2, biogenic 28 28 28 g/m3

CO2, not biogenic 44 44 44 g/m3

Note: For T and TPAD, the transportation distance was 40 km to the sludge handling plant. According to the
microbiological analyses and other sources [40], TPAD and T digestates meet the requirements of Class A biosolids.
In case of M, due to pathogenic unsafety, the digestate was additionally treated by composting before its agricultural
application. Therefore, it was transported over 2 × 40 km to the composting plant and back, so an additional energy
consumption of 16 kWh/t of digestate for the purposes of composting was included [41].
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Table 3. Inventory data for the sludge line LCA (FU: 1 m3 of produced methane).

Type of Data Item
Referred to FU

Unit
T M TPAD

Input data

Energy
consumption

AD energy consumption 1.32 1.12 0.79 kWh/m3

Energy consumption
for composting - 0.2 - kWh/m3

Reagents

Thickening agent 0.002 0.002 0.001 kg/m3

Anti-foaming agent 0.004 0.008 0.005 kg/m3

Dewatering agent 0.027 0.019 0.014 kg/m3

Chemo dezodoration agent 1.3 × 10−4 1.4 × 10−4 8.7 × 10−5 kg/m3

Bio dezodoration agent 3.0 × 10−4 3.1 × 10−4 2.0 × 10−4 kg/m3

Output data

Wastewater Reject water 0.26 0.26 0.17 m3/m3

Wastes

Dewatered digested
sludge (wet) 11.3 12.3 7.1 kgDM/m3

Dewatered digested
sludge (wet) 0.45 0.49 0.28 t*km/m3

Avoided
products

Electricity 3.14 3.14 3.12 kWh/m3

Heat 3.51 3.51 3.49 kWh/m3

Emissions

H2S 0.003 0.003 0.002 kg/m3

CH4 0.28 0.29 0.18 kg/m3

CO2, biogenic 386 402 253 kg/m3

CO2, not biogenic 607 633 398 kg/m3

2.2.3. Impact Assessment

The LCA was performed with the software of SimaPro® 8. The potential environmental impacts
were calculated by the ReCiPe midpoint method V1.12/Europe Recipe H [33].

Characterization was conducted for the following environmental impact categories: Climate
change, Ozone depletion, Terrestrial acidification, Freshwater eutrophication, Human toxicity, Ionizing
radiation, Agricultural land occupation, Metal depletion, and Fossil depletion [4]. The above mentioned
nine environmental impact categories were selected and assessed considering their close connection
with processes that take place in activated sludge WWTP with AD and that have been used in previous
LCA studies [33,42].

Classification and characterization were performed as the only compulsory steps of impact
assessment in terms of standards—ISO 14040 (2006) and ISO 14042 (2006).

2.2.4. Sensitivity Analysis

A sensitivity analysis on the digestate volume obtained from the TPAD system for both cases
WWTP-LCA and SL-LCA was performed in order to take into account the influence that this parameter
may have on the environmental impacts associated to digestate transport, treatment, and reuse.

The sensitivity analysis allowed to evaluate if and how the uncertainty of the assumed value
in the inventory table could influence the final results. A variation of ±5% of the digestate volume
was set for the TPAD scenario only, according to the variability of lab data obtained by the previous
studies [19,26,35], and shortage of the reported data from full-scale WWTPs, since TPAD is the least
spread AD system worldwide among others [43].
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This analysis is done through the sensitivity coefficient (S) which indicates the sensitivity of a
particular model output to the changes in the variable being considered. The S is calculated according
to the following equation [44]:

Sensitivity coefficient (S) = (
Outputhigh−Outputlow

Outputbaseline
)/(

Inputhigh− Inputlow
Inputbaseline

) (1)

where Input is the value of the input variable (i.e., digestate amount), and Output is the value of
indicator according to the correspondent impact category.

3. Results and Discussion

3.1. Life Cycle Assessment

3.1.1. WWTP-LCA with Mesophilic, Thermophilic, or Temperature-Phased Anaerobic Digestion

The results of the LCA for the whole WWTP (WWTP-LCA) are shown in the Figure 2. This figure
includes all environmental impact categories considered in this study, and within each impact category
there are three scenarios: mesophilic, thermophilic, and TPAD. For each scenario, results are shown
for the whole WWTP, and separately for the wastewater treatment line and the sludge treatment line;
this disaggregation of results was done to better identify the contributions of each process stage to the
overall impacts. Positive values represent the environmental impacts, while negative values refer to
the avoided environmental impacts.

According to the results (Figure 2), the differences among the three AD scenarios are not
significantly large, however there are some trends that are discussed here. First, the wastewater
treatment line would lead to larger environmental impacts than those cases where the sludge line is
incorporated into the AD system. Thus, any implemented AD improves the environmental status of
the WWTP mainly due to the credits obtained from the substitution of electricity generation from the
fossil fuels [45]. Similar results have been reported for other LCA studies on full-scale AD plants [4,26].

In general terms, TPAD has the lowest environmental impacts, in comparison to T and M, for eight
out of the nine impact categories presented in Figure 2, except for Climate change. Furthermore,
a one-to-one comparison between T and M shows that their calculated environmental impacts are
virtually the same for five out the nine compared categories (i.e., Ionizing radiation, Agricultural land
occupation, Metal depletion, Fossil depletion, and Freshwater eutrophication), and with a slightly
better environmental performance (meaning lower environmental impacts) for T over M in two impact
categories (i.e., Terrestrial acidification and Ozone depletion). T outperforms both M and TPAD in
one category (i.e., Climate change), and has a slightly better performance than M in only one category
(i.e., Human toxicity).
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Figure 2. Potential environmental impacts for the three scenarios of the whole WWTP (WWTP-LCA):
Mesophilic (M), Thermophilic (T), and Temperature-Phased Anaerobic Digestion (TPAD). WWTP:
wastewater treatment plant; WW: wastewater line; SL: sludge line. Results shown for the FU: 1 m3 of
treated wastewater.
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In the case of Climate change, the biggest impacts are caused by the wastewater treatment line
(Figure 2). Conversely, the sludge line decreases the Climate change impacts up to 38% for M, around
35% for TPAD, and 24% for T. Climate change is related to nonrenewable energy consumption, which
is especially high in the biological reactor of activated sludge WWTP, accounting for more than 50% of
the total energy consumption—Table 2 and [46]. The positive influence of sludge line mainly comes
from AD which supplies with the fertilizer obtained after WAS is digested (Sludge disposal_SL) that
substituted the industrial production of the fertilizer with its harmful effect through Climate change.
Additionally, AD generates renewable energy out of the biogas produced as a result of the organic
matter biodegradation, and counterbalances nonrenewable energy consumption that would otherwise
be required to fuel the process. The highest avoided impacts on Climate change are obtained with the
mesophilic digestion (M) which is 40% and 42% better than T and TPAD, respectively. These avoided
impacts occur due to a type of digestate disposal (which is composting and consequent agricultural
land application for M, agricultural land application alone—for T and TPAD) and to its larger amount
in comparison to T and TPAD (Table 1). In terms of the energy balance, TPAD is more beneficial than
T and M by more than 50% within the sludge line. The lowest total avoided impact on Climate change
is obtained with the thermophilic digestion, as a consequence of the energy balance of the process,
i.e., energy produced vs. energy consumed by each AD system—Figure 3.

The results of WWTP-LCA regarding all constituents are depicted in Figure 3.
With regard to the factors that contributed the most to the environmental impact of Climate

change, those emissions to the air (Air emissions_WW) and from the energy demand (Electricity_WW)
in the wastewater treatment line are the most significant ones (i.e., around 60% and 25%, respectively,
of all contributors from the wastewater treatment line). The contribution from the emissions to the air
in the sludge line (Air emissions_SL) are only 5% (Figure 3). Hence, the total environmental impact
was partly compensated by land application as the final sludge disposal (Sludge disposal_SL) and
energy produced from the methane (Electricity_SL) obtained during AD with the following percentage
of these two factor contributions, respectively: 72% and 28% for T, 82% and 18% for M, and 54% and
46% for TPAD. The balance of these two factors for TPAD shows better long-term performance of this
AD technology.

For Human toxicity (Figure 2) the wastewater line constituents are quite similar in all scenarios,
however, the absolute value of the sludge line varies: the larger negative effect to the environment is
for M, 0.377 kg 1.4-DB eq, and the smaller one is for TPAD, 0.282 kg 1.4-DB eq, which is almost 25%
less than that of M, and 15% less than T. This happens due to the higher total amount of digestate
produced at M conditions rather than at T or TPAD. In particular for the Human toxicity category, less
than 3% of the avoided environmental impacts are given by the energy production at TPAD conditions.
The main contributor to this impact category is land application (Sludge disposal_SL) due to the heavy
metals and other toxic substances that are still present in the digestate (41–45%)—Figure 3. The other
major contributors are the energy consumption in the wastewater treatment line (26–29%), followed
by the water body pollution (Water pollution_WW) made by treated wastewater discharge (19–22%)
and, finally, by the different chemicals’ consumption (Chemicals_WW) used at different stages of the
wastewater treatment processes such as phosphorus precipitation and coagulation (all around 5%).
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Figure 3. Contribution analysis of the potential environmental impacts for the three scenarios of both
wastewater and sludge lines (WWTP-LCA): Mesophilic (M), Thermophilic (T), and Temperature-Phased
Anaerobic Digestion (TPAD). Results shown for the FU: 1 m3 of wastewater treated.

In terms of the Ionizing radiation impact category, even though the absolute values for both lines
are lower than ±0.1 kBq U235 eq/m3 of treated wastewater, the avoided environmental impacts given
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by the sludge line of WWTP compensates the negative influence of wastewater treatment line for more
than 40% for both T and M, and around 90% for TPAD (Figure 2). The latter leads to a better balance of
both avoided and overall environmental impacts for TPAD. The rest of the contributions are given by
different chemicals’ consumption (Chemicals_WW) used for wastewater treatment processes such as
phosphorus precipitation and coagulation (all less than 9%)—Figure 3. The factors that represent the
avoided environmental impact are land application as the final sludge disposal (Sludge disposal_SL)
and the energy production (Electricity_SL), both are from the sludge line of WWTP. The percentage
contributions of them, respectively, are 45% and 55% for T, 43% and 57% for M, 27% and 73% for TPAD.
For TPAD, the distribution is significantly different from T and M due to the better energy balance
after AD.

In the context of other impact categories such as Agricultural land occupation, and Metal and
Fossil depletion, the avoided impacts of the sludge line made mainly by land application as the final
sludge disposal (Sludge disposal_SL) and energy production (Electricity_SL) completely captures the
negative influence of wastewater treatment line given by energy consumption (Electricity_WW) and
chemicals’ consumption (Chemicals_WW)—Figure 3.

The environmental impact represented through the rest of the assessed impact categories show
relatively low absolute values: <0.0052 kg SO2 eq/m3 of treated wastewater for Terrestrial acidification,
<0.0011 kg P eq/m3 of treated wastewater for Freshwater acidification, and<−1.0× 10−7 kg CFC-11 eq/m3

of treated wastewater for Ozone depletion.
Terrestrial acidification impacts are built up due to the gaseous emissions (Air emissions_WW)

from the wastewater treatment line, <10% from energy demand (Electricity), and <5% from chemicals
(Chemicals_WW) used at wastewater treatment line—Figure 3.

Freshwater eutrophication is mostly affected by water body pollution (Water pollution_WW)
with a 45–50% contribution—Figure 3—and by energy consumption (Electricity_WW) with a 25%
contribution from the wastewater treatment line.

Ozone depletion results are driven by the avoided environmental impacts of both the energy
produced (Electricity_SL)—around 60% for T and M, and more than 65% for TPAD; and the
land application (Sludge disposal_SL)—around 20% for T and M, and around 15% for TPAD
(see Figure 3). These avoided impacts are significantly bigger than those caused by Electricity_WW
and Chemicals_WW consumption.

Concerning the factors mainly contributing to the different environmental impact categories
negatively, there are certain ones confirming their prevailing parts in the total environmental burden.
In the case of WWTP-LCA, the major contributors are the gaseous emissions from the open biological
step reservoirs to the air, the energy consumption for aeration tanks [47], and the water body secondary
pollution given by treated wastewater discharge—see Figure 3. All of them are related to the wastewater
treatment line.

For the Climate change impact category, both the gaseous emissions to the air and the energy
consumption—again related to the wastewater treatment line—are the biggest contributors to the
environmental burden, followed by Chemicals consumption—related to the wastewater treatment
line—and the gaseous emissions to air—from the sludge line—with around 10–15% all together.

3.1.2. SL-LCA with Mesophilic, Thermophilic, or Temperature-Phased Anaerobic Digestion

The LCA results of the sludge line (SL-LCA) including methane production are presented in
Figure 4 using the second FU: 1 m3 of methane produced (unlike Figures 2 and 3 which use the FU:
1 m3 of wastewater treated). Figure 4 includes all environmental impact categories considered in this
study, and within each impact category there are three scenarios: mesophilic, thermophilic, and TPAD.
Furthermore, the different contributions from all process inputs and outputs are included for each of
the three scenarios and for all categories. Positive values represent the environmental impacts, while
negative values refer to the avoided environmental impacts (here considered as environmental credits).
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Figure 4. Contribution analysis of the potential environmental impacts for the three scenarios of the
sludge line (SL-LCA): Mesophilic (M), Thermophilic (T), and Temperature-Phased Anaerobic Digestion
(TPAD). Results shown for the FU: 1 m3 of methane produced.
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The aggregated SL-LCA results for the three scenarios lead to overall avoided environmental
impacts in all categories with exception of Human toxicity. From the three scenarios, T outperforms M
and TPAD in seven out of the nine impact categories here analyzed (except for Climate change and
Human toxicity) (Figure 4). M is consistently the second best scenario in six out of the nine categories,
except for Climate change (where it performs the best), and both Ionizing radiation and Human health
(where it performs worse). Finally, TPAD has the lowest environmental impacts for Human health
(by over 50%), while it also has the least avoided environmental impacts for seven categories out of the
nine here analyzed (Figure 4).

In all SL-LCA scenarios, the contributing factors with the largest absolute values (i.e., either
potential impacts (for Human toxicity) or avoided impacts (for all the other categories)) are the final
sludge disposal (starting from 15% for Ozone depletion to almost 80% for Human toxicity), energy
balance (from 12% for Climate change to over 75% for Ozone depletion), and water pollution (from
11% for Human toxicity and Ionizing radiation to 22% for Fossil depletion). It is also important to
highlight that the factor of gaseous emissions to the air contributes significantly in a harmful way only
for Climate change (more than 80% of caused environmental impact and only less than 8% of total
environmental impact) due to the digestate accumulated at the landfill [26].

In the case of specific impact categories, the avoided environmental impacts in Climate change for
both T and M are larger than those of TPAD by 24% and 38%, respectively—Figure 4. The only factor
causing environmental impacts on Climate change for the three scenarios are the gaseous emissions
from AD installations (Air emissions). On the contrary, the avoided environmental impacts have been
credited by the following factors: additional reject water treatment (WWTP load concerning each
scenario: 53% for T, 40% for M, and 47% for TPAD), final sludge disposal (Sludge disposal: 34% for T,
49% for M, and 29% for TPAD) and energy production (Electricity: 13% for T, 11% for M, and 24% for
TPAD). Further minor avoided impacts are related to chemical consumption (Chemicals) (around 10%
for all AD types) and transportation (Transportation) (around 5% for T and TPAD, and around 11% for
M due to longer distance—a round trip—to the composting site).

In terms of Human toxicity, TPAD demonstrates the best results with the lowest environmental
impacts at SL-LCA (Figure 4). The TPAD’s impacts on Human toxicity are 46% lower than T, and 58%
lower than M. The most substantial contribution to Human toxicity is coming from the final sludge
disposal (Sludge disposal—95% for T, 96% for M, and 99% for TPAD) which makes sense as it is
the agricultural land application for the T and TPAD scenarios and agricultural land application via
composting for M scenario—Figure 4 and Table 3. The rest of the impacts on Human toxicity are
mostly caused by the energy consumption (Electricity) with 4% and 3%, for T and M, respectively.
While for TPAD, the energy balance is slightly positive, meaning that the system produces surplus
energy with respect to its total consumption which leads to avoided impacts by almost 6%. Hence,
the TPAD scenario for SL can be considered as energy self-sufficient process and an electricity supplier.
Furthermore, for Human toxicity there are some minor avoided impacts from additional reject water
treatment (WWTP load—100% for T and M and 94% for TPAD) which is highly polluted, meaning that
it can be used as an additional source for resource recovery [15,48].

Interestingly, Human toxicity is the only impact category that does not result in overall avoided
impacts at the sludge line. This happens due to the sufficient amounts of heavy metals and other toxic
pollutants that are not completely removed during AD operation. Knowing that, T’s and TPAD’s
digestates are considered to be pathogenically safe, and their final disposal can be a direct land
application as fertilizers [35]. M digestate undergoes an additional step of composting prior to its
application in agriculture. However, the gaseous emissions as well as the traces of heavy metals
(Table 3) result in certain danger to the human health [9].

Looking at the Freshwater eutrophication impact category, the TPAD scenario shows both the
lowest environmental impacts (50% lower than T and M, with energy consumption—Electricity—as
the main contributor) and the lowest avoided environmental impacts. In the latter case, the prevailing
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contributors are digestate usage for the agricultural land application (Sludge disposal) and water body
pollution reduction (WWTP load).

The rest of the impact categories (i.e., Ionizing radiation, Agricultural land occupation, Metal
and Fossil depletion, Terrestrial acidification, Freshwater eutrophication, and Ozone depletion) follow
a similar pattern. For all SL-LCA scenarios, the overall result can be referred as avoided impacts,
with the best results being obtained for T, followed by M, and finally by TPAD. The main contributors
are Sludge disposal and Electricity, and the WWTP load to a lower extent (with a maximum of 20% for
Terrestrial acidification and lesser for other impact categories).

3.2. Sensitivity Analysis

The sensitivity response (i.e., the sensitivity coefficient “S” as described in Section 2.2.4) of all studied
environmental impact categories was analyzed with respect to the assumed values for the digestate volume
(with ±5% of the baseline value for the TPAD scenario, i.e., 90,332 t/year > 85,816 t/year > 81,299 t/year).
Only the TPAD scenario was considered for sensitivity analysis due to the variability of the experimental
data obtained by the previous studies [19,26,35], and shortage of the reported data from full-scale
WWTPs, especially considering that TPAD is the least spread AD system worldwide among others [43].

The sensitivity coefficients were analyzed considering the processing conditions of TPAD for both
the WWTP and the SL alone as shown in Table 4.

Table 4. Sensitivity coefficients (S) and environmental impacts of the whole WWTP (WWTP-LCA) and
SL (SL-LCA) with respect to the TPAD baseline value assumed for the digestate volume.

Case WWTP SL

Impact Category
S

Coefficient
+5% −5%

S
Coefficient

+5% −5%

Climate change, kg CO2 eq/FU −0.309 0.543 0.561 0.321 −5.108 −4.938
Human toxicity, kg 1.4-DB eq/FU 0.431 0.711 0.679 1.325 2.162 1.880

Ionising radiation, kBq U235 eq/FU −1.424 0.012 0.014 0.241 −0.722 −0.704
Agricultural land occupation, m2a/FU 0.245 −0.096 −0.093 0.173 −1.226 −1.204

Metal depletion, kg Fe eq/FU 0.530 −0.059 −0.056 0.363 −0.777 −0.748
Fossil depletion, kg oil eq/FU 0.980 −0.068 −0.061 0.415 −1.495 −1.431

Terrestrial acidification, kg SO2 eq/FU −0.478 4.41 × 10−3 4.64 × 10−3 0.467 −0.044 −0.042
Freshwater eutrophication, kg 1.4-DB eq/FU −0.103 −9.92 × 10−4 −1.0 × 10−3 1.504 −6.76 × 10−4 −5.77 × 10−4

Ozone depletion, kg CFC-11 eq/FU 0.172 −1.57 × 10−7 −1.54 × 10−7 0.143 −1.73 × 10−6 −1.71 × 10−6

Note: Sensitivity coefficients (S) are unitless; Units of each environmental impact category consider the specific FU
for WWTP and SL, i.e., 1 m3 of treated wastewater and 1 m3 of produced methane, respectively. Bold numbers are
for the most sensitive impact categories (with S > 1.0).

A positive value of the sensitivity coefficient (S) refers to a straight influence of the studied
parameter on the environmental results: e.g., the more sludge that is considered, the higher the
(avoided) environmental impacts are. On the contrary, a negative sensitivity coefficient means an
opposite influence of the studied parameter on the environmental results, it is e.g., the more sludge
that is considered, the less the (avoided) environmental impacts are.

In this study, negative sensitivity coefficients are obtained only for WWTP-LCA,
concerning four impact categories: Climate change, Ionizing radiation, Terrestrial acidification,
and Freshwater eutrophication.

In a case of the potential environmental impacts related to the Climate change, Ionizing radiation,
and Terrestrial acidification (Table 4), this behavior occurs due to an increased (proportional to the
digestate volume) amount of both digestate as fertilizer substituent and energy recovered as biogas.
In the case of Freshwater eutrophication, this opposite behavior occurs since an increase in the digestate
volume leads to an additional amount of highly polluted reject water (that in turn needs to be further
treated) generating a minor amount additional environmental impacts but that overall reduces the
total avoided impacts.

On the contrary, the sensitivity coefficients for SL-LCA are positive values in all impact categories
indicating a positive relation between the input variable (i.e., the assumed digestate volume) and the
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out variable (each environmental impact category). In this case, larger digestate volumes lead to the
larger (either potentially caused or avoided) environmental impacts. In particular for the Human
toxicity category, impacts are higher with the increase in the digestate volume (due to the proportional
increase in the present pollutants in the digestate), while all the other categories included in Table 4
result in larger avoided environmental impacts with the increment in the digestate volume (due to the
production of the avoided products such as fertilizers and electricity).

The most sensitive environmental impact categories in terms of ±5% variation in the digestate
amount are, at SL-LCA, Human toxicity and Freshwater eutrophication, as S is positive and higher
than 1.0.

The digestate amount variation of +5% increases the environmental burden of Human toxicity
by 6.5% from the baseline value at SL-LCA. At WWTP-LCA, the digestate amount of ±5% had the
influence of around 2.0% referring to the baseline value. It is also important to mention that the
Human toxicity impact category is the only one with positive sensitivity coefficients at both LCAs,
and for SL-LCA the sensitivity coefficient is higher than 1.0. Hence, it is important to mention that
such sensitivity behavior of the Human toxicity category reveals that the major environmental concern
based the variability of the digestate amounts would be on this impact category.

For Freshwater eutrophication at SL-LCA, the avoided environmental impacts increase by
over 7.0% along with the increment in the digestate amount applied in agriculture as a fertilizer.
At WWTP-LCA, the sensitivity coefficient at this impact category is negative and lower than 1.0,
and can be neglected.

At the WWTP-LCA, the rest of the impact categories (i.e., apart from the ones with negative
sensitivity coefficient) result in S values lower than 1.0. The sensitivity coefficient values higher
than 0.5 are for the impact categories Metal and Fossil depletion. These two impact categories
are affected by 2.5% to 5%, respectively (Table 4), and they refer to overall avoided environmental
impacts. Furthermore, the sensitivity coefficients for Metal and Fossil depletion at WWTP-LCA are
higher than those at SL-LCA. A reason for such a difference is the contribution in the energy balance
(Electricity_WW) at WW line (Tables 3 and 4). The absolute values of avoided environmental impacts
at ±5% of digestate are essentially higher at SL-LCA than at WWTP-LCA for Metal depletion (on over
92%) and for Fossil depletion (on over 95%) due to the energy consumption at the WW line concerning
both impact categories.

In general terms, it can be said that the WW line has a higher harmful effect on the environment
than SL line itself, and the larger its scale is, the larger the potential environmental impacts will be,
contrary to the SL line.

Other general trends from the sensitivity analysis are that the sensitivity gives a clear overview
that AD, namely TPAD, affects the environment mainly due to the toxic substances’ content and air
emissions derived from the digestate, which are proportional to its volume. The digestate production
affects the environment negatively by the contribution to Human toxicity due to the final sludge
disposal (Sludge disposal) coming from the SL line which relates to both WWTP-LCA and SL-LCA
(Figures 3 and 4). At the same time, digestate production has also a positive effect given by resource
(fertilizer) and energy (electricity and heat) recovery (Sludge disposal and Electricity, respectively) and
also due to the additional reject water treatment (WWTP load) derived from the SL line (Figure 4).

Therefore, the impact categories of Human toxicity, Metal and Fossil depletion which are
directly related to the produced digestate amount are of major attention for these types of processes.
Considering the case of the TPAD scenario, it can also be said that ±5% of digestate production does
not affect most of the (avoided) environmental impacts. Only three environmental impact categories
have S > 1.0, namely: Human toxicity (SL-LCA), Ionizing radiation (WWTP-LCA), and Freshwater
eutrophication (SL-LCA). These S values, bigger than 1.0, are strongly related to several contributing
factors such as energy consumption (WWTP-LCA), final sludge disposal, and reject water treatment
(SL-LCA)—Figures 3 and 4, and Table 4. Hence, these findings of the sensitivity analysis should be
considered and taken into account for future designs of WWTPs and AD systems.
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Based on the sensitivity analysis performed, it can be said that the main factor that contributes to the
environmental impact through Human toxicity impact category is digestate quality (pathogenic safety,
presence of the toxic substances, and gaseous emissions) and its amount. Therefore, by considering
and changing the final digestate disposal, the total environmental impact can be reduced.

4. Conclusions

In this study, a comparative LCA analysis was carried out to evaluate the environmental impacts
of three alternative AD processes (mesophilic, thermophilic, and TPAD) used for sludge treatment in
activated sludge WWTP. The environmental burden was evaluated at two scales, namely the whole
WWTP (to assess the contribution of the sludge line to the whole WWTP)—with a FU of 1 m3 treated
wastewater—and the sludge line alone (to highlight the potential environmental benefits from methane
production as an additional function of the system beyond the wastewater treatment)—with a FU of
1 m3 produced methane.

In the WWTP-LCA, five (Climate change, Human toxicity, Ionizing radiation, Terrestrial
acidification, and Freshwater eutrophication) out of the nine environmental impact categories analyzed
showed potential environmental impacts. The rest of the environmental impact categories (Agricultural
land occupation, Metal and Fossil depletion, Ozone depletion) showed avoided environmental impacts,
since the WW line led to potential environmental impacts in all impact categories, while the SL line
led to avoided environmental impacts for most environmental impact categories (except for Human
toxicity). Among all scenarios, the WWTP with TPAD outperformed those with mesophilic and
thermophilic AD in all the environmental impact categories, besides Climate change.

The SL-LCA showed mostly avoided impacts, being the highest for thermophilic AD, followed by
mesophilic AD and TPAD, except for Climate change where mesophilic AD was the most beneficial.
The only potential environmental impact was Human toxicity, being the lowest for TPAD.

Differences between both LCA results may be attributed to the FU.
In addition, it can be also concluded that such products as nutrients and energy recovered from

the AD systems and incorporated into the sludge treatment create an amount of credits that make the
whole WWTP more environmentally friendly.
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Abbreviations

AD anaerobic digestion
COD chemical oxygen demand
HRT hydraulic retention time
LCA life cycle assessment
M mesophilic
OLR organic loading rate
SL sludge treatment line
SL-LCA LCA performed within the boundaries of the sludge line
T thermophilic
TPAD temperature-phased anaerobic digestion
TS total solids
V reactor working volume
VS volatile solids
WAS waste activated sludge
WW wastewater treatment line
WWTP wastewater treatment plant
WWTP-LCA LCA performed within the boundaries of the whole wastewater treatment plant
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Abstract: As a potential approach for enhanced energy generation from anaerobic digestion, iron-based
conductive nanoparticles have been proposed to enhance the methane production yield and rate.
In this study, the impact of two different types of iron nanoparticles, namely the nano-zero-valent-iron
particles (NZVIs) and magnetite (Fe3O4) nanoparticles (NPs) was investigated, using batch test under
mesophilic conditions (35 ◦C). Magnetite NPs have been applied in doses of 25, 50 and 80 mg/L,
corresponding to 13.1, 26.2 and 41.9 mg magnetite NPs/gTS of substrate, respectively. The results
reveal that supplementing anaerobic batches with magnetite NPs at a dose of 25 mg/L induces an
insignificant effect on hydrolysis and methane production. However, incubation with 50 and 80 mg/L
magnetite NPs have instigated comparable positive impact with hydrolysis percentages reaching
approximately 95% compared to 63% attained in control batches, in addition to a 50% enhancement
in methane production yield. A biodegradability percentage of 94% was achieved with magnetite NP
doses of 50 and 80 mg/L, compared to only 62.7% obtained with control incubation. NZVIs were
applied in doses of 20, 40 and 60 mg/L, corresponding to 10.8, 21.5 and 32.2 mg NZVIs/gTS of substrate,
respectively. The results have shown that supplementing anaerobic batches with NZVIs revealed
insignificant impact, most probably due to the agglomeration of NZVI particles and consequently the
reduction in available surface area, making the applied doses insufficient for measurable effect.

Keywords: anaerobic co-digestion; food wastes; waste-activated sludge; nano magnetite; iron oxide
nano particles; nano zero valent iron; sewage sludge; nano particles; organic wastes

1. Introduction

Anaerobic digestion (AD) converts organic matter into biogas, a renewable source of energy, and
digestate, a valuable fertilizer and soil conditioner [1,2]. Due to the increasing demand on renewable
energy and the progressively adopted waste management policies that request diverting wastes from
landfills, the AD process has been used for the treatment of different types of organic wastes, including
sewage sludge, food waste (FW), animal manure and agricultural wastes. Nevertheless, when FW is
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used as a single substrate, the digestion process stability can be hampered because of (i) a possible
imbalance between acidogenesis and methanogenesis when high loads of rapid fermentable organic
matter are applied, (ii) potential nutrients imbalance, a high carbon to nitrogen (C/N) ratio, and (iii) the
high variability of FW composition [3]. A feasible and reliable approach to overcome these limitations
is the use of sewage sludge as co-substrate for food waste digestion.

In the AD process, four major steps are involved, viz. hydrolysis, acidogenesis, acetogenesis and
methanogenesis. Generally, the process is limited by one or two major steps, depending on the nature of
the substrate. Hydrolysis is often the rate limiting step if complex organic solids are being digested. On the
other hand, if the substrate is soluble organic matter, methanogenesis is generally the rate limiting step [4].

In recent years, several studies have shown that the supplementation of conductive nanoparticles
has a positive effects on the anaerobic digestion process, particularly in relation to the enhancement of
methane production yield and rate, the reduction in startup and recovery periods, in addition to stability
improvement [5,6]. In particular, iron oxide nanoparticles (IONPs) that include magnetite, maghemite
and hematite, in addition to the nano-zero-valent-iron particles (NZVIs) hold high potentials for AD
enhancement and improvement of process robustness [5]. IONPs have specifically great potentials due
to its high chemical stability and magnetic properties [7,8]. Most importantly, IONPs are conductive
materials that may stimulate the direct interspecies electron transfer (DIET) in anaerobic digestion,
in which interspecies electron transfer is not mediated by diffusive electron carriers (i.e. hydrogen or
formate) but by direct transfer of electrons released from electron donating bacteria (i.e., oxidizing
bacteria that can extracellularly release electrons to conductive materials) to electron capturing
microorganism (i.e. methanogenic archaea) that can reduce carbon dioxide to methane using electrons
transferred from the electron donating bacteria via the conductive materials [7,9]. The primary
mechanism suggested to explain the enhancing behaviors of IONPs in syntrophic methanogenesis via
DIET [10] is that (semi) conductive iron oxides act as electron conduits to accelerate DIET in syntrophic
methanogesis. Jiang et al. [11] suggested that electron transfer takes place via the biochemical dynamic
cycling among the Fe(III) (mineral)-Fe (II)-Fe (III) mineral of the (semi)conductive iron oxides. Wherein,
the released electrons are accepted by Fe(III) (mineral) of iron oxides and is reduced to produce Fe(II),
then the unbounded Fe(II) transfers electron to methanogens. Fe(II) itself is readsorbed and oxidized
back to original structural Fe(III) (mineral) through precipitation.

Early studies tackling the impact of IONPs on anaerobic digestion have used simple substrates (such
as propionate, butyrate, and methanol), thus focusing on the syntrophic methanogenesis process. Kato
et al. [12] showed that supplementing rice paddy soil with (semi)conductive iron oxide NPs (magnetite,
hematite), significantly stimulated methanogenesis from acetate and ethanol in terms of onset time
and production rate, attributing these results to the DIET through the (semi) conductive iron oxides.
Possibly, in their research, syntrophic acetate oxidation was an important methanogenic pathway,
although recent research showed a direct stimulatory effect of added hydrochar to the acetoclastic
methanogen Methanosaete, which was also ascribed to DIET [13]. Likewise, Zhang and Lu [14] showed
that methane production from butyrate oxidation in lake sediments was significantly accelerated in
the presence of magnetite NPs, suggesting that DIET mediated syntrophic methanogenesis. Focusing
on methanogenic propionate degradation, Cruz Viggi et al. [15] showed that the supplementation
of magnetite NPs to a methanogenic sludge obtained from a pilot scale anaerobic digester fed with
wasted-activated sludge (WAS) resulted in a 33% enhancement in the maximum rate of methane
production. Authors proposed that this stimulatory effect has most probably resulted from the
establishment of a DIET with magnetite NPs serving as electron conduits between propionate oxidizing
acetogens and carbon-dioxide-reducing methanogens.

The positive effects reported on the impact of conductive iron oxides on methane production
yield and rate, using simple substrates, have pushed the research forward into studying the impact of
IONPs on the anaerobic digestion of complex organics. Realizing that the hydrolysis of particulate
organics is the rate limiting step in anaerobic digestion of complex organics, the majority of these
studies have investigated the impact of IONPs on the hydrolysis and acidification processes as well as
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on syntrophic methanogenesis [16–18]. The outcomes of these studies have shown that magnetite NPs
can positively impact the hydrolysis of complex organic materials, thus providing abundant substrates
for methanogens and promoting the anaerobic digestion process. Nevertheless, the mechanisms in
which such impacts are attained are still not clear yet.

In a similar manner, several studies have been previously conducted to assess the impact of NZVIs
on the anaerobic digestion process. Results have shown improvement on methane production yield
with the supplementation of NZVIs, attributing such enhancement to:

(i) The possibility of iron serving as an electron donor in the direct reduction of CO2 to CH4 by
hydrogentrophic methanogens [19–21];

(ii) Shifting the fermentation pathway away from the propionic type because of the zero valent iron strong
reducing property, which leads to the reduction in oxidation reduction potential (ORP) level [20,21];

(iii) NZVIs serving as a conductive material to promote DIET [21].

Additionally, hydrogen evolution from iron corrosion could enhance both hydrogentrophic
methanogenesis and homoacetogenesis resulting from the increased H2 flux as intermediary electron
carrier [22–24], making the microbial consortia more susceptible for DIET. Other researchers observed
that the addition of NZVIs leads to an increased conversion of complex organics to volatile fatty
acids (VFAs) (i.e., improved hydrolysis and acidogenesis), which, in turn, enhanced the overall
methanogenesis of complex substrates [25]. Yu et al. [26] studied the impact of NZVIs on the anaerobic
digestion of WAS and found that the addition of 10 g/L NZVIs improved the hydrolysis-acidification
process in which methanogenesis was completely inhibited. The results showed an 83% increase in
total VFA concentration compared to the control incubation. The observed enhancement effect was
accredited to enrichment of acid-forming bacteria, especially Clostridia. Feng et al. [22] also investigated
the effect of NZVIs on the hydrolysis-acidification of waste-activated sludge when methanogenesis
was inhibited. They observed an improvement in protein and polysaccharide conversion to 36.7%
and 29.6%, respectively, at an NZVI dose of 4 g/L, compared to only 25.6% and 22.9% achieved in
the control incubation. Moreover, the VFA production at an NZVI dose of 4 g/L was 37.3% higher
compared to control incubation. Authors have attributed the enhanced hydrolysis-acidification to the
increased activities of key enzymes. The results showed that the activities of protease and cellulase
were increased by 85% at an NZVI dosage of 4 g/L, compared to the control incubations. The activities
of acid-forming enzymes, including acetate kinase (AK), Phosphotransacetylase (PTA), butyrate kinase
(BK) and phosphotransbutytrylase (PTB), were increased by 52.2% to 67.3%.

Despite the previously stated positive effects, NZVIs can cause inhibitory effects if added at
elevated doses. Such inhibitory effects can be attributed to the strong reducing conditions developed
at the NZVI surface, which can rapidly inactivate bacteria by causing severe damage to the cell
membranes and to the respiratory activities through reductive decomposition of protein functional
groups [27,28] and, possibly, to the rapid hydrogen production and accumulation that leads to the
accumulation of VFAs [29].

Realizing the conceivable positive impacts of magnetite NPs and the NZVIs on the anaerobic
digestion process, this research intended to study the effects of these two iron-based conductive
materials on the co-digestion of food wastes and sewage sludge. This research aimed explicitly at
investigating the impact of iron-based NPs on the hydrolysis process by measuring the extent of
particulate organics solubilization. Moreover, the effects on the acidification and methane production
yield and rate were examined as well.

2. Materials and Methods

2.1. Substrates and Inoculum

Two types of substrates were used in this study, FW and thickened WAS. FW was obtained
from the main restaurant of the University of Jordan campus in Amman, Jordan; wherein, the entire
quantities of kitchen wastes and dishes leftovers produced in the sampling day (approximately 60 kg)
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were manually assorted to eliminate non-biodegradable materials, such as aluminum cans, glasses,
styrofoam and plastic products. The residual food waste that included vegetables, fruits, dairy products,
starchy food, and meat-based food was subsequently mixed thoroughly and approximately a 5-kg
sample was collected. To ensure homogeneity and increase specific surface area, FW samples were
subsequently grinded using a kitchen grinder and stored at 4 ◦C for less than two days before being
used in the batch tests. It is worth mentioning that FW characterization was conducted using grinded
samples. Thickened WAS was obtained from the Abu-Nussier Wastewater Treatment Plant (Amman,
Jordan). The treatment plant receives a yearly average flow of 3700 m3/d of municipal wastewater
with chemical oxygen demand (COD) and total suspended solids (TSS ) concentrations of 960 and
470 mg/L, respectively.

Inoculum
Anaerobically digested sludge obtained from Al Shallaleh Wastewater Treatment Plant (Irbid,

Jordan) was used as a source of inoculum. The anaerobic digester is a completely mixed reactor,
operated at 37 ◦C and 20 days solids retention time. Total solids (TS) content of 21.2 g/L ± 1.4 was
identified, along with volatile solids (VS) content of 15.2 g/L ± 0.85. The methanogenic activity test that
was performed in triplicates using sodium acetate as the substrate at a concentration of 1 g/L and under
initial substrate to inoculum ratio of 0.5gCOD/gVS [30] revealed an inoculum-specific methanogenic
activity of 0.12 gCH4-COD/gVS.d.

Before being used in the anaerobic digestion batch tests, the inoculum was pre-incubated under
anaerobic conditions at 35 ◦C for four days to remove any residual biodegradable organic material that
may have been present.

2.2. Preparation and Characteristics of the Nanoparticles

Magnetite NPs were synthesized according to the protocol described in Kang et al. [31]. A volume
of 0.85 mL of 12.1 N HCl and 25 mL of purified deoxygenated water were combined and 5.2 g FeCl3
along with 2.0 g FeCl2 were dissolved into the solution under stirring conditions. The resulting
solution was added drop wise into 250 mL of 1.5 M NaOH solution under vigorous stirring, generating
an instant black precipitate of magnetite (Fe3O4). The precipitate was isolated using magnetic field
(S-30-10 N webcraft Uster, Swizterland). Dynamic light scattering (DLS) data indicated a hydrodynamic
size of 29.5 nm and polydispersity index of 0.91.

NZVI stock solution was freshly prepared by reducing ferrous chloride with sodium borohydride
as reported by He et al. [32]. Briefly, 200 mL of 0.2 % w/w of sodium carboxy methyl cellulose (CMC,
capping agent, Sigma –Aldrich) dissolved in deionized water was purged with high purity argon for at
least 25 min. Then, 50 mL of 0.625 M of ferrous chloride tetrahydrate (FeCl2·4H2O, 98%, BBC chemicals)
was gradually added to 200 mL of 0.2% CMC under argon gas purging. Finally, 31 mL of 4 M sodium
borohydride (NaBH4, 98%, Sigma Aldrich) was added drop wise to the 250 mL Fe-CMC complex while
the solution was vigorously shacked at 1100 rpm at room temperature. The final concentrations of
NZVIs and CMC in stock solution were 0.11 M and 0.14% w/w, respectively. DLS data indicated a
hydrodynamic size of 110 nm and polydispersity index of 0.85.

2.3. Anaerobic Co-Digestion Batch Tests

Anaerobic batch tests were conducted using the OxiTop® system that is designed to collect and
store pressure data. The tests were performed in triplicates using batch test bottles of 1000 mL (1135 mL
working volume). Necessary macro and micronutrients were added according to Angelidaki et al. [33].
The substrate that consisted of FW and WAS was added at a ratio of 1.5:1 (FW: WAS), determined
based on the VS content of each type of substrate. The amounts of substrate added were calculated
according to Pabon et al. [34] and based on: (i) the maximum pressure increase allowed by the OxiTop
measuring system, which is 0.3 atm, (ii) a minimum substrate concentration of 1 gCOD/L, (iii) a liquid
volume of 300 mL, and (iv) a maximum biomethane composition of 30%. As for the inoculum, the
amounts added were based on a substrate to inoculum ratio of 1.0 gCODsubstrate/gVSinoculum.
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After the addition of medium solution, inoculum, substrate, and 200 mL of demineralized water,
different aliquots of prepared nanoparticles stock solutions were added to reach desired nanoparticles
concentrations. Afterward, demineralized water was added to reach 300 mL liquid volume and bottles
were tightly sealed with OxiTop® measuring heads. Subsequently, the air in the headspace was flushed
with nitrogen gas for 3 min to achieve anaerobic conditions. Then, bottles were incubated at 35 ± 1 ◦C
with continuous shaking at 100 rpm agitation speed. It is worth mentioning that the pressure that was
built up in the first two hours was released since it is mainly due to the, dissolution of gases, upon
temperature increase. For bottles used as the control, only the medium solution, inoculum, substrate
that includes FW and WAS and demineralized water were added.

Biogas production was measured through the detection of pressure increase at constant volume,
using the OxiTop®measuring heads. The methane content in the biogas was analyzed until the test was
completed; i.e., the cumulative biogas curve reached a plateau. Soluble COD and VFA concentrations
were followed by taking 2 mL of liquid sample every two days. Three blank bottles, containing all
additions except substrates, were used to correct for inoculum methane production.

2.4. Analytical Methods

Total and volatile solids content were analyzed according to the Standard Methods for the
Examination of Water and Wastewater [35]. Total nitrogen (TN), total phosphorous (TP), total ammonia
nitrogen (TAN), chloride ion (Cl−), in addition to the pH and electrical conductivity (EC) that were
measured employing a waste to distilled water ratio of 1:10, were all analyzed according to Radojevic
and Bashkin [36]. Elementary analyses of carbon, oxygen, hydrogen and nitrogen were performed
using an elementary analyzer (Perkin-Elmer-Vector 8910) following the manufacturer’s instructions.

To determine soluble COD and VFA for FW, a room temperature water extraction was performed
on 25 g of grounded FW sample in 250 mL of distilled water for 1 h under agitation. The mixture was
then centrifuged (3000 rpm) for 30 min and soluble COD and VFA were determined in the supernatant
after being filtered using 0.45-μm filter paper. For WAS, the samples were immediately centrifuged and
soluble COD and VFA were determined in the supernatant after filtration using 0.45-μm filter paper as
well. Soluble COD was determined using the HACH Lange cuvette test and evaluated by a DR3900
HACH Lange Spectrophotometer. The individual VFAs (viz. acetic, propionic and butyric acids)
were analyzed using a gas chromatograph (Varian 3300) equipped with packed column (2 m length, 2
mm internal diameter) and flame ionization detector (FID). Helium was used as the carrier gas at a
flowrate of 30 mL/min. The detector temperature was 250 ◦C. The pH of filtered sample was adjusted
to less than 2 using formic acid prior to VFA analysis. Methane content in the biogas was analyzed
using a gas chromatograph (PYE-NICAM 4500), equipped with packed column (1.5 m length, 4 mm
internal diameter) and flame ionization detector (FID). Argon was used as a carrier gas at a flowrate of
30 mL/min. The detector temperature was 150 ◦C. Certified gas standards (Spantech Products) were
employed for the standardization of methane. Scanning electronic microscope (SEM) images were
taken using the SEM Quanta Feg 450 instrument; samples were placed on carbon stub and sputtered
with gold (5 mm thickness). As for the samples’ insertion, image capturing and measurement were all
performed according to manufacturer instruction.

3. Calculations

3.1. Theoretical Biochemical Methane Potential

The empirical mole composition of the FW and WAS, computed from the elementary analysis,
allows for determining the theoretical biochemical methane potential (BMPTh) relying on the
stoichiometry of the substrate anaerobic degradation reaction [37].

CaHbOcNd +
(

4a−b−2c−3d
4

)
H2O

→
(

4a+b−2c−3d
8

)
CH4 +

(
4a−b+2c+3d

8

)
CO2 + dNH3

(1)
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Therefore,

BMPTh (LCH4/kgVS) =
22.4× ((4a + b− 2c− 3d)/8) × 1000

12a + b + 16c + 14d
(2)

where 22.4 correspond to the volume (L) occupied by an ideal gas under standard conditions
(temperature of 273 Kelvin (K) and pressure of 101.3 kpa). The 1000 refers to the volume conversion
factor from L to mL.

3.2. Theoretical COD

The theoretical COD (CODTh) can by computed from the stoichiometry of the substrate
oxidation reaction

CaHbOcNd +
(4a + b− 2c− 3d

4

)
O2 → a CO2 +

(b− 3d
2

)
H2O + dNH3 (3)

Therefore;

CODTh(gCOD/gVS) =
32× ((4a + b− 2c− 3d)/4)

12a + b + 16c + 14d
(4)

3.3. Experimental Biochemical Methane Potential

The experimental biochemical methane potential (BMPexperimental) was calculated based on the
maximum methane production attained in batch test bottles after being corrected by the maximum
methane production of the blank bottles [34].

BMPexperimental (LCH4/kgVS)

=

[(
(Ps+Patm)×V

R×T

)
×CH4%s

]
−
[[(

(Pblank+Patm)×V
R×T

)
×CH4%blank

]]

SO
× 22.4

(5)

where Ps is the pressure accumulated inside the test bottle (pa), Patm is the atmospheric pressure
(pa), Pblank is the pressure accumulated in the blank bottle (pa), V is the headspace volume (m3), T
is the temperature in Kelvin (K), R is the universal gas constant, and CH4%S and CH4%blank are the
accumulated biogas methane percent for the test and blank bottles, respectively. The So is the amount
of substrate added in terms of VS.

3.4. Biodegradability, Hydrolysis and Acidification Percentages

Anaerobic biodegradability was assessed based on the percent of experimental BMP to the
theoretical BMP.

Biodegradability% =
BMPexperimental

BMPTh
× 100 (6)

The hydrolysis percent was assessed based on the percent of the solubilized COD relative to the
substrate initial particulate COD.

Hydrolysis% =
CODCH4,t + CODs,t −CODs,t=0

CODTh,initial − CODs,t=0
× 100 (7)

where CODCH4,t is the COD equivalent of methane produced at any time t, CODs,t is the soluble COD
at any time t, CODs,t=0 is the soluble COD at time t = 0 and CODTh,initial is the initial theoretical COD.

The acidification percent was assessed based on the percent of the acidified COD relative to the
substrate initial theoretical COD.

Acidification % =
CODCH4,t + CODVFA,t −CODVFA,t=0

CODTh,initial
× 100 (8)
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where CODCH4,t is the COD equivalent of methane produced at any time t, CODVFA,t is the VFA
equivalent COD at any time t, CODVFA,t=0 is the VFA equivalent COD at time t = 0 and CODTh,initial is
the initial theoretical COD.

3.5. Statistical Analysis

The statistical analyses were performed using the IBM SPSS statistics (version 23). Data collected
for characterization of the FW and WAS were demonstrated with a mean ( x), standard deviation (σ)
and coefficient of variation percent (CV). For the evaluation of the NZVIs and magnetite NPs’ impact
on the anaerobic co-digestion process, an ANOVA test with Bonferroni correction was used with a
confidence interval of 95%.

3.6. Modeling of Methane Production

The modified Gompertz model was used to describe the progression of cumulative methane
production [38].

Y(t) = Ym × exp
{
− exp

[
μm.e
Ym

× (λ− t) + 1
]}

(9)

where Y(t) is the cumulative methane yield at a digestion time t (LCH4/kgVS), Ym is the maximum
methane production (LCH4/kgVS), μm is the maximum rate of methane production (LCH4/ kgVS.d),
λ is the lag phase time (d), and t is the incubation time (d), e = exp (1) = 2.718.

4. Results and Discussions

4.1. Characteristics of Substrates

The average data and coefficient of variations for the FW and WAS characteristics are presented in
Table 1. The FW-measured pH (4.1 ± 0.5) is indeed low compared to the average values reported in the
literature. Fisgativa et al. [39], who compiled and analyzed FW characteristics data from 70 studies that
evaluated 120 different food wastes, revealed an FW pH value of 5.1 ± 0.7. Apparently, acidification
was already instigated during storage time.

The total solid content of FW was 30%, which lies within the range stated in the literature, although
it is among the highest reported [39–42]. The high VS/TS ratio (95.6%) highlights the high organic
transformation potential. Nevertheless, the low level of soluble COD compared to theoretical COD (0.2)
indicates the predominance of particulate COD in the FW, which can reduce the rate of degradation
due to a limitation in hydrolysis.

The carbon to nitrogen ratio (C/N) of FW (17.6) is to some extent below the generally recommended
level of 20–30 for an optimal anaerobic digestion process [40]. Moreover, upon co-digestion with
the WAS that is generally characterized by a low C/N ratio (5.5), the resultant C/N ratio will be even
lower. However, several researchers have demonstrated that the co-digestion of FW with WAS can be
successfully performed under C/N ratios ranging from 8.8 to 13 [43–46].

With respect to nutrients content, the FW total Kjeldahl nitrogen (35.1 gN/kgVS) observed in this
study is higher than the average values stated by Fisgativa et al. [39] but compatible to those reported
by Zhang et al. [47], El Mashad and Zhang [48], Zhang et al. [49] and Agyeman and Tao [50] for
types of FW similar to the one tested within this study. Phosphorous concentration (2.6 gP/kgVS) was
found to be below the values reported in the literature [39,48,51], which are in the order of 5 gP/kgTS.
Hence, in the context of nutrient supplementation, the comparison of the measured COD:N:P ratio
(350:7.1:0.53), with what is reported in literature for successful and stable anaerobic digestion process
(350:5:1) [52], confirms the deficiency of the phosphorous, for which the level obtained represents only
53% of the recommended value.
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Table 1. Food waste (FW) and wasted-activated sludge (WAS) characteristics.

Parameter n
FW WAS

x (σ) CV (%) x (σ) CV (%)

Physicochemical characteristics

pH 8 4.1 (0.5) 12 7.4 (0.7) 10
TS (gTS/kg wet weight) 10 298.8 (21.6) 7

(gTS/L) 25.2 (3.4) 13
VS (gVS/kg wet weight) 10 282.1 (24.6) 9

(gVS/kgTS) 956.0 (10.9) 1
(gVS/L) 21.1 (3.1) 15

Soluble COD (gO2/kgVS)
(mg/L) 8 311.2 (61.1) 20 654 (51) 8

Total Kjeldahl nitrogen (gN/kgVS) 8 35.1 (2.4) 7 107.7 (5.9) 5
Total ammonia nitrogen (gN/kg VS ) 8 2.30 (0.5) 23 20 (3.0) 15

Total phosphorous (gP/kg VS) 8 2.6 (0.3) 13 20.9 (3.40) 16
Volatile fatty acids (g COD/kg VS) 8 3.7 (0.50) 12 13.10 (3.16) 24

C/N (%) 17.6 5.5
Elementary analysis

Carbon (%DM) 8 52.3 (4.7) 9 42.71 (3.14) 7
Hydrogen (%DM) 8 7.2 (0.8) 11 6.89 (0.6) 9

Oxygen (%DM) 8 37.1 (6.1) 16 42.5 (4.23) 10
Nitrogen (%DM) 8 3.4 (0.7) 20 7.9 (1.1) 14
Cl− (mg/kg DM) 8 11029 (1376.8) 12 6813 (991.6) 15

In regard of the ammoniacal nitrogen, the results obtained within this study (2.30 gN/kgVS) are
considerably higher than those reported in the literature [39,53]. Increased ammonia concentrations
result in an increased buffering capacity for the anaerobic digestion process.

On the whole, the FW and WAS mixture obtained physicochemical characteristics, which
accentuate the numerous benefits of FW co-digestion with WAS: (i) improving the moisture content
for wet digestion, taking into consideration the WAS moisture content of 97.8%, (ii) enhancing the
nutrients balance for bacterial growth; total Kjeldah nitrogen and total phosphorous contents in WAS
equals of 107.7 gN/kgVS and 20.9 gP/kgVS, respectively, and (iii) the development of buffering capacity
for the stable anaerobic digestion process.

In connection with the anaerobic biodegradability, the calculated BMPTh for FW and WAS
were 564.5 LCH4/kgVS and 392.5 LCH4/kgVS, respectively, computed based on the empirical mole
composition of C18.0H29.4O9.6N for FW and C6.3H12.2O4.7N for WAS, assuming full COD conversion.
The contribution of sulfur was considered negligible since the elementary analysis results, revealed
below detection limit sulfur content. Also based on the empirical composition, the CODTh for FW and
WAS were 1.73 and 1.12 gO2/gVS, respectively. It is worth mentioning that the CODTh of the WAS
deviated from the typical theoretical value of 1.42, which is linked to the overall elemental biomass
composition C5H7O2N. Apparently, the used WAS sample was more stabilized.

4.2. Effects of Magnetite NPs and NZVIs on Hydrolysis and Acidification

Due to the importance of hydrolysis in the kinetics of anaerobic digestion and the fact that it is
usually the rate-limiting step, the impact of magnetite NPs on COD solubilization was assessed.
Magnetite NP concentrations of 25, 50 and 80 mg/L were employed in anaerobic batch tests,
corresponding to 13.1, 26.2 and 41.9 mg magnetite NPs/gTS of substrate calculated for the initial
conditions. The results (Figure 1) show that the maximum soluble COD concentration achieved in the
control incubation was 799 mg/L, which was reached after an incubation period of one day. Batches
incubated with magnetite NPs had maximum soluble COD concentrations of 2280, 1852, and 1420 mg/L
for magnetite NP doses of 80, 50 and 25 mg/L, respectively. Peak values were reached after six days
with cumulative methane production of 49, 57 and 110 LCH4/kgVS, for magnetite NP doses of 80, 50
and 25 mg/L, respectively. For the same incubation period (i.e., six days) the cumulative methane
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production in the control incubation reached 170 LCH4/kgVS. Accordingly, to clarify whether increased
soluble COD in magnetite NPs amended batches was due to the accumulation of soluble COD as a
result of reduced consumption rates by methanogens (as discussed in Section 4.3 below) or due to
stimulated hydrolysis, the hydrolysis percentages achieved after six days were computed. The results
show that batches incubated with 80, 50 and 25 mg/L magnetite NPs, achieved hydrolysis percentages
of 88%, 78%, and 55%, respectively, compared to hydrolysis percentage of 50% attained in control
incubation. Hence, we concluded that magnetite NPs induced a stimulatory effect on the hydrolysis.
The hydrolysis percentages achieved by the end of incubation periods in magnetite NPs amended
batches were 65.1% for the 25 mg/L dose and 94.4% and 94.9% for the 50 and 80 mg/L doses, compared
with 63.0% achieved in the control incubation. The positive impact induced by magnetite on hydrolysis
process has been previously reported by several researchers. Zhao et al. [54], reported a twofold
increase in waste-activated sludge protein hydrolysis, with magnetite (0.2 mm in diameter) dose of
10 g/L. Moreover, they have revealed an enhancement in the activity of protease and α-glycosidase
enzymes by 63% and 27%, respectively. The positive impact of magnetite on hydrolysis of WAS was
reported applying even bigger magnetite particle (8–12 mm), achieving a 31.2% and 11.6% increase in
soluble protein and polysaccharides at a dose of 27 g/L [17]. Zhang et al. [18] reported that in batches
incubated with 1 g/L magnetite NPs and with methanogenesis inhibition, the total polysaccharide
decomposition was increased by 15.8% compared to the control incubation.

Figure 1. Effect of different magnetite NP doses on soluble COD.

Since methane yields are directly related to VFA production from substrate acidification, the
impact of magnetite NPs on the availability of VFAs as precursors for methanogenesis was evaluated
as well. The results show that acetate production was significantly stimulated, reaching maximum
concentrations of 500, 749 and 1214 mg/L for magnetite NP doses of 25, 50 and 80 mg/L within 6 days,
respectively, whereas the maximum acetate concentration in the control incubation was limited to
107 mg/L, which was reached after an incubation period of one day. Figure 2 shows that acetate was
the predominant VFA, and its production is apparently directly related to the dose of the magnetite
NPs. Concomitantly, methane production dropped with the increase in magnetite NPs. After the
six-day incubation period, VFA concentrations started to decline, coinciding with the time at which
the methane generation rate started to increase significantly, as shown in Section 4.3. To calculate the
net increase in VFA production induced by magnetite NPs, the acidification percentage that takes
into consideration methane production (i.e., VFA consumption) in addition to VFA generation, was
computed after the six-day incubation period. The obtained results show a positive impact induced
by magnetite NPs on the acidification process, with percentages reaching 54.2%, 56.6%, and 84.0% in
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batches incubated with magnetite NPs doses of 25, 50, and 80 mg/L, respectively. This is compared to
40.0% achieved in the control incubation. These results are compatible with those reported by Zhao
et al. [54], who also reported that acetate is the main VFA generated in magnetite-amended digesters,
revealing a 1.6-fold increase in acetate concentration relative to the control when amino acids were
used as the substrate, and a 1.75-fold increase over the control when monosaccharides were used as
the substrate. Moreover, Zhang et al. [55], who assessed acidogenesis via hydrogen yield, revealed a
1.2-fold increase in hydrogen yield compared to the control upon addition of 50 mg/L magnetite NPs.

Figure 2. Effect of different magnetite NP doses on VFA production; (a) acetate, (b) propionate and
(c) butyrate.

Magnetite NPs stimulatory impact on hydrolysis and acidification might be linked to the observed
increased biomass aggregation that progressed along the incubation period, exclusively in batches
incubated with magnetite NPs. Our results are congruent to the observed increased excretion of
extracellular polymeric substances (EPS), brought about by magnetite supplementation, previously
reported by Yin et al. [56] and Yan et al. [57]. Figure 3 shows formed aggregates after an incubation
period of 8 days, along with the SEM images that were taken at the end of the incubation period.
As shown by the SEM images, bacteria appeared to be aggregated and enveloped by what seems to
be EPS, whereas the EPS fill the intercellular spaces within the aggregates. Observations support the
hypothesis that enhanced EPS excretion may have played an essential adhesive role in the formation of
aggregates and the maintenance of their integrity. Accordingly, considering the EPS sorptive capacities
and their possible role in immobilizing the extracellular enzymes, the observed accelerated hydrolysis
and acidification process can be explained by (i) the physical trapping of particulate and colloidal
organics by means of the EPS, which leads to enhanced hydrolysis; (ii) immobilization and localization
of extracellular enzymes by EPS; (iii) the minimization of hydrolysis and acidification product diffusion
distances as a result of aggregation [58]. The enhanced aggregation of biomass and solid substrates
implies that both enzymes and hydrolysis/acidification products remain relatively close to microbial
cells, thus reducing the need for maintaining high levels of extracellular enzymes in the bulk solution
and reducing the diffusive losses of products away from cells [59].
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Figure 3. (a) Photos of the anaerobic batches, showing the biomass aggregation in batches incubated
with magnetite NPs compared to the control incubation; (1) 80 mg/L (left) and 25 mg/L (right);
(2) 50 mg/L, (3) 0 mg/L-control. (b) Scanning electronic microscope (SEM) images of aggregated biomass
obtained from batches incubated with magnetite NPs by the end of the incubation period. (1) 25 mg/L;
(2) 50 mg/L; (3) 80 mg/L.

Enhanced biomass aggregation resulting from magnetite nano or micro particles additions has
been previously reported. Baek et al. [60,61] have studied the effect of magnetite particles (size
100–700 nm) supplementation on the anaerobic digestion of dairy effluent in a completely stirred tank
reactor CSTR. Authors stated that added magnetite adhered to microbial cells’ surfaces and induced
microbial aggregation. Cruz Viggi et al. [15] and Li et al. [62] have studied the effect of magnetite
particles on the anaerobic degradation of propionate and butyrate and showed through scanning
electron micrography analysis that the magnetite particles were adsorbed on cell surfaces. This resulted
in larger agglomerates, with magnetite particles appeared bridging the microbial cells. Undoubtedly,
the effect of IONPs on biomass aggregation needs to be explored further so as to help clarify possible
functional mechanisms of these conductive materials in enhancing aggregation.

Concerning the impact of NZVIs, results showed only slight increases in soluble COD and
VFA concentrations with increased doses of NZVIs along the whole incubation period (Figures 4
and 5). Nevertheless, calculated hydrolysis and acidification percentages showed a statistically
insignificant difference. Possibly, the strong clustering or agglomeration of NZVIs particles caused this
negligible effect.
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Figure 4. Effect of different nano-zero-valent-iron particle (NZVI) doses on soluble COD.

Figure 5. Effect of different nano-zero-valent-iron particle (NZVI) doses on total VFA production.

4.3. Effects of Magnetite NPs and NZVIs on Methane Production

The observed enhanced hydrolysis and acidification process will also impact subsequent
methanogenesis. By the end of the incubation period, the cumulative methane production in the
magnetite NPs amended batches (Section 4.3) reached 341.5, 478.3 and 481.5 LCH4/kgVS, for magnetite
NPs concentrations of 25, 50 and 80 mg/L, respectively. If compared with the control incubation, the
batches incubated with magnetite NPs dose of 25 mg/L showed a methane production enhancement level
of 7%, which was found to be statistically insignificant. With respect to the 50 and 80 mg/L magnetite
NPs concentrations, results have shown a statistically significant increased methane production of
49.8% and 50.8%, respectively. These results resemble biodegradability percentages of 62.7% for the
control incubation and 67.1%, 93.9% and 94.4% for incubations with 25, 50 and 80 mg/L magnetite
NPs, respectively. Results undoubtedly indicated that addition of magnetite NPs increased methane
production yield from anaerobic co-digestion of FW and WAS.

The addition of magnetite NPs to the batches, clearly retarded methanogenesis from the solubilized
substrates (Figure 6), as also evidenced by the accumulating VFAs (Figure 2). Modeling experimental
methane production data with the modified Gompertz model (Figure 6b) shows retardation periods
(i.e. lag periods) of 2.8, 5.4 and 5.9 days for batches incubated with magnetite NPs doses of 25, 50,
and 80 mg/L, respectively. However, after this period, the maximum methane production rate was
accelerated, especially for batches incubated with magnetite NPs doses of 50 and 80 mg/L to attain an
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increase of 21.3% and 45.2%, relative to the control incubation (Figure 7). The initial retardation might
be due to the rapid acid production resulting in a low local pH, initially inhibiting methanogenesis.
Further research is required to unravel the observed phenomenon. However, if compared with the
control incubation, the enhanced methane production yield in magnetite amended batches can be
undoubtedly attributed to improved hydrolysis and acidification.

Figure 6. Cumulative methane production at different magnetite NP doses; (a) experimental data,
(b) modified Gompertz model fit.

Figure 7. Effect of different magnetite NP doses on maximum methane production rates, computed
from the modified Gompertz model.

Concerning the impact of NZVIs (Figure 8), the statistical analysis of computed results has
revealed no measurable effect on methane generation for the three applied doses of 20, 40, and 60 mg
NZVIs/L, which are equivalent to 10.8, 21.5 and 32.2 mg NZVIs/gTS of substrate, respectively. In details,
the cumulative methane production at NZVIs doses of 20, 40 and 60 mg/L were 332.4, 338.3 and
343.0 LCH4/kgVS, compared to 341.6 LCH4/kgVS obtained with the control incubation. In literature,
the impact of NZVIs on anaerobic digestion has been assessed either related to toxicity phenomena
or conversion rate enhancement. The studies focusing on toxicity assessment have employed doses
in the range of 55–2000 mg/L of NZVIs. Yang et al. [29] studied the impact of NZVIs on flocculent
anaerobic sludge using glucose as the substrate and reported methane production inhibition levels
of 20% at NZVIs doses of 1 and 10 mM (i.e. 55.9 and 558.5 mg NZVIs/L). Elevating the NZVIs dose
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to 30 mM (1675.5 mg NZVIs/L) resulted in 69% methane production inhibition. Authors attributed
the increased inhibition to increased hydrogen accumulation resulting in reduced VFA conversion.
He et al. [63] have also reported substantial methane production inhibition at NZVIs doses of 30 mM
(1675.5 mg NZVIs/L) applied to flocculent sewage sludge. Jia et al. [64] have reported not only methane
production inhibition but also a lag period of 15 days when treating flocculent sewage sludge with
NZVIs doses of 1500 and 2000 mg/L. Studies focusing on methane production enhancement have
employed NZVIs doses in the range of 1 to 10 mg NZVIs/gTS, with greater attention given to the
impact on anaerobic digestion of sewage sludge. Su et al. [19] and Suanon et al. [65] have shown that
the anaerobic digestion of sewage sludge in the presence of NZVIs at a concentration of 1 and 5 mg
NZVIs/gTS resulted in 40.4% and 45.8% methane production yield enhancement. Substantially higher
enhancement levels were achieved by Lizama et al. [21] at NZVIs doses of 3.4, 4.7 and 6.0 mg NZVIs/gTS,
attaining enhancement levels of 88%, 126%, and 186%, respectively. Putting the results of this study
in the context of previous studies shows that with the applied doses of the NZVIs, an enhancement
of methane production is anticipated. It is considered that the insignificant impact attained may be
attributed to the aggregation of NZVIs particles in form of clusters. Expectedly, aggregation of NZVIs
particles will adversely affect their activity since increased size will inevitably reduce the hydrogen
and ferrous iron release rates [29,66]. Consequently, the doses employed in this study may have
become insufficient to lead into a notable enhancement in methane production. Actually, several
previous studies have accentuated on NZVIs strong tendency for aggregation, particularly due to
attractive magnetic interaction [29,67,68]. Accordingly, further investigations on the impact of NZVIs
on anaerobic digestion are certainly indispensable.

Figure 8. Cumulative methane production at different nano-zero- valent- iron particle (NZVI) doses.

5. Economic and Environmental Considerations

The obtained results, with the significant increase in methane production yield, show that
supplementing the co-digestion process with magnetite NPs presents an opportunity for increased
economic feasibility. On the one hand, improved methane production efficiency implies increased
revenues from the elevated generation of power and heat energy. Moreover, the fact that magnetite NPs
are inexpensive to produce [69,70] and can be effectively separated and reused [71] will only limitedly
increase the operational costs. On the other hand, realizing effective industrial implementation
necessitates a detailed economic analysis that requires further technical and scientific research to specify
critical technical information, such as the maximum endurable organic loading rates, and optimum
magnetite NP dose, both determined according to substrate characteristics and operating conditions.
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Moreover, the results show that the addition of magnetite NPs, enhances anaerobic biodegradability
percentages substantially, which consequently leads to higher volatile solids destruction. Accordingly,
the quantities of generated digestate will be reduced, and thus the capital and operational cost of post
digestion processes will be decreased. However, the impact of using magnetite NPs on the quality of
the digestate needs to be investigated in conjunction with different operating conditions and magnetite
NP doses. Particularly, if generated digestate is being considered for use as organic fertilizers. On the
positive side, numerous studies have shown that IONPs have a beneficial impact on plants and lead to
the improvement of crop agronomic traits [72–77]. Other studies, with the purpose of discarding toxic
impacts, have shown that irrigating with water solutions containing magnetite NP concentrations as
high as 1000 mg/L [78] or foliar feeding with magnetite NP solution of 10,000 mg/L [79], had no toxic
impacts on plant growth. Nevertheless, and despite such promising results, the effects associated with
the presence of magnetite NPs in digestate vary according to the physical and chemical characteristics
of nanoparticles, soil characteristics, plant species, in addition to the rate of applications. Thus, the use
of magnetite NPs on industrial scale necessitates integrated planning and management that must be
supported by scientific customized studies.

6. Conclusions

This study investigated the effect of magnetite nanoparticles and nano-zero-valent-iron particles
on the anaerobic co-digestion of food waste with sewage sludge. The results show that supplementing
anaerobic co-digestion batches with magnetite NPs at doses of 26.2 and 41.9 mg magnetite NPs/gTS has
led to a significant increase in hydrolysis percentages to a level of 94.4% and 94.8%, respectively. This
is compared to 63.0% attained with the control incubation. Acidification was significantly improved as
well, with acetate being the predominant VFA. Acidification percentages reached 56.6% and 84.0%
in batches incubated with magnetite NP doses of 26.2 and 41.9 mg magnetite NPs/gTS, respectively,
compared to only 40.0% achieved in the control incubation. The cumulative methane production yield
reached 478.3 and 481.5 LCH4/kgVS in batches incubated with 26.2 and 41.9 mg magnetite NPs/gTS,
respectively. These production yields present an increase of 49.8% and 50.8% compared to the yield
attained in the control incubation. Regarding the effect of nano-zero-valent-iron particles, the results
show no impact, neither on methane production nor on hydrolysis or acidification.
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Abstract: There have been many studies on single strains in wastewater treatment and a new synthetic
microbial community was prepared in this study, which provides a reference for the application of
heterotrophic nitrification-aerobic denitrification in actual wastewater treatment. The growth period
distribution of the composite bacteria was determined by plotting growth curves with different sole
nitrogen sources, and the influence of the carbon source, carbon to nitrogen ratio (C/N) ratio, pH,
and temperature on ammonia removal by the composite heterotrophic nitrifying-aerobic denitrifying
strain was investigated. The optimal conditions for the heterotrophic nitrification process were
sodium citrate as the carbon source, a C/N ratio of 10, a pH of 7, and a temperature of 30 ◦C, and
only trace amounts of nitrate and nitrite were observed during the process. When the sequencing
batch reactor (SBR) of a pig farm wastewater treatment plant was inoculated with the synthetic
microbial community, the average removals of the chemical oxygen demand (COD) and ammonia
nitrogen in the effluent were 92.61% and 20.56%, respectively. From the results, the synthetic microbial
community was able to simultaneously perform heterotrophic nitrification-aerobic denitrification
indicating great potential for full-scale applications.

Keywords: synthetic microbial community; ammonium; heterotrophic nitrification; aerobic
denitrification; livestock wastewater

1. Introduction

In recent years, the livestock and poultry breeding industry has gradually moved towards
specialized and large-scale centralized feeding methods [1]. Compared with traditional distributed
breeding, large-scale breeding can significantly improve production efficiency, reduce production costs,
and increase economic benefits. The development of large-scale farms has also led to an increase in
the amount of livestock and poultry manure runoff, which has placed tremendous pressure on the
ecological water environment. Livestock and poultry aquaculture wastewaters contain large amounts
of suspended solids, COD, nitrogen, and phosphorus, which cause the eutrophication of water bodies
and water pollution. In China, the COD and total nitrogen from the livestock wastewater account for
96% and 38% of the total agricultural wastewater, respectively [2]. In addition, the wastewater usually
varies considerably in concentration and volume during different seasons or under management
processes. Livestock and poultry wastewaters are not a commonly considered pollutant but contain
abundant resources, including phosphorus and potassium, and the current comprehensive utilization
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efficiency of livestock and poultry wastewater in China is less than 60% [3,4]. By promoting the
utilization of excreta and urine resources, livestock and poultry breeding wastes can become valuable
products, such as biogas, organic fertilizer, and reclaimed water, which can effectively alleviate the
shortage of agricultural resources in China and control non-point source pollution [5]. Efficient and
economical livestock and poultry breeding industry wastewater treatment methods are urgently
needed to achieve sustainable development in the modern swine breeding industry and environmental
protection [6].

To remove these pollutants, biological methods are preferred in consideration of operational
ease and cost [7]. A promising process called biological nitrogen removal treatment can partially and
effectively dispose of both the solid and liquid fractions of manure [8]. However, there have been
periodic reports on anaerobic ammonium oxidation [9] and aerobic denitrification [10], indicating that
although aerobic biological processes have been applied to treat livestock and poultry breeding industry
wastewaters effectively, the nitrification–denitrification process has presented challenges due to the
long time required, high cost, and difficulty of management [11]. For instance, the cost of floor space
and construction for the nitrification–denitrification method is high, and nitrifying bacteria grow slowly,
so different conditions are required [12]. The sludge treatment process is cumbersome and easily causes
secondary pollution and additional costs. Therefore, a more economical and convenient biological
process is necessary [13]. The academic research on livestock and poultry breeding industry wastewaters
has mainly aimed to develop a new biological nitrogen removal process and to cultivate superior
strains to degrade high-concentration ammonia nitrogen wastewater. Since Robertson et al. discovered
that Thisphaera pantotropha had heterotrophic nitrification ability in 1985, researchers have discovered a
variety of heterotrophic nitrifying microorganisms with nitrification activity in soil, sludge, lake water,
and the deep sea [14]. Studies have found that the heterotrophic nitrification process of T. pantotropha
requires energy consumption. Unlike autotrophic nitrifying bacteria, T. pantotropha does not accumulate
NO2

−-N when ammonia is oxidized under aerobic conditions [15]. With the discovery of heterotrophic
nitrification-aerobic denitrification bacteria, the theory and technology of biological nitrogen removal
have made important breakthroughs. Heterotrophic nitrification-aerobic denitrification has attracted
extensive attention as a new type of biological nitrogen removal technology [16]. Compared with
traditional biological nitrogen removal, the heterotrophic nitrification-aerobic denitrification process
has higher removal efficiency of nitrogen and COD and less nitrous oxide production [17]. This process
can realize the unification of nitrification and denitrification in the same time and space, greatly
simplifying the process of traditional biological nitrogen removal, and therefore save operating and
infrastructure costs [18]. At present, simultaneous nitrification–denitrification technology is a new
method of nitrogen removal.

Removal widely occurs in the natural environment and has been successfully realized in oxidation
ditches, SBR reactors and other systems [19]. Significantly, studies have shown that changes in factors
such as the carbon source, dissolved oxygen, floc characteristics, and sludge concentration affect the
reaction process in simultaneous nitrification and denitrification [20]. Studies have shown that many
bacteria, actinomycetes, fungi, and even algae have heterotrophic nitrification capabilities. Fungi, such
as Aspergillus flavus [21], Penicillium sp. [22], Verticillium sp. [23], Absidia cylindrospora [24], etc. are
considered to be the most abundant and most efficient heterotrophic nitrifying microorganisms [25];
lactobacillus, such as Mycobacterium, Nocardia, Micromonospora, and algae, such as Chlorella, salt
algae, Phaeodactylum tricornutum [26] also perform heterotrophic nitrification. Furthermore, many
heterotrophic bacteria, such as Pseudomonas [27], Alcaligenes sp. [28], Arthrobacter sp. [29], and Alcaligenes
faecalis [30] can oxidize ammonia nitrogen to nitrite nitrogen or other states [31].

As mentioned above, many single-species heterotrophic nitrification-aerobic denitrifying
microorganisms and their characteristics have been discovered thus far. The synthetic microbial
community can couple their efficiency, work together, and have strong environmental adaptability,
and their treatment effect is better than that of single microorganisms. Nevertheless, information on
the combined treatment effects and characteristics of these strains is still very limited. The purpose of

82



Water 2020, 12, 218

this study was to develop an ammonia nitrogen degradation composite composed of heterotrophic
nitrification-aerobic denitrifying strains, determine its reaction characteristics and its application
in livestock wastewater treatment, and provide an experimental basis and theoretical support for
future applications.

2. Materials and Methods

2.1. Media and Reagents

The beef extract peptone medium consisted of the following components: beef cream 3 g·L−1,
peptone 10 g·L−1, and NaCl 5 g·L−1. The heterotrophic nitrification medium was composed of NH4Cl
0.38 g·L−1, C4H4Na2O4 5.62 g·L−1, and 50 mL Vickers salt solution. The denitrification medium was
made up of KNO3 0.72 g·L−1, C4H4Na2O4 2.80 g·L−1, KH2PO4 1 g·L−1, MgSO4·7H2O 1 g·L−1, and 2 mL/L
trace element solution. The BTB (bromothymol blue) medium contained KNO3 1 g·L−1, L−asparagine
1 g·L−1, Na3C6H5O7·5H2O 8.50 g·L−1, KH2PO4 1 g·L−1, MgSO4·7H2O 1 g·L−1, CaCl2 0.20 g·L−1,
FeCl3·6H2O 0.05 g·L−1, and 5 mL/L 1% thymol blue. The LB (Luria−Bertani) medium consisted of
peptone 10 g·L−1, yeast extract 5 g·L−1, and NaCl 5 g·L−1.

The Vickers salt solution contained KH2PO4·3H2O 6.5 g·L−1, MgSO4·7H2O 2.5 g·L−1, NaCl 2.5 g·L−1,
FeSO4·7H2O 0.05 g·L−1, and MnSO4·7H2O 0.04 g·L−1. The trace element solution [32] contained EDTA
50 g·L−1, CaCl2 5.5 g·L−1, ZnSO4 2.2 g·L−1, CuSO4·5H2O 1.57 g·L−1, FeSO4·7H2O 5.0 g·L−1, CoCl2·6H2O
1.61 g·L−1, and MnCl2·4H2O 25.06 g·L−1.

All the media mentioned above were adjusted to an initial pH of 7.0 to 7.2 and sterilized at 121 ◦C
and the pressure of 0.12 MPa for 20 min.

2.2. Screening and Identification of Heterotrophic Nitrifying-Aerobic Denitrifying Strains

To obtain a high-purity single strain, it was necessary to treat pig farm sludge. Pig farm biogas
slurry samples and aerobic sludge samples (10 mL) were collected, separated, efficiently transferred to
a 250 mL flask containing sterilized 0.90% NaCl solution (90 mL) and glass beads and, then, shaken at
200 rpm to obtain a uniform bacterial suspension. The solution was, then, subjected to gradient dilution,
and the resulting solution was inoculated on beef extract peptone medium in an incubator at 30 ◦C.
Through five consecutive enrichment cultures, different single colonies were picked for separation
and purification and then inoculated in 100 mL, which was efficiently separated into heterotrophic
nitrifying liquid medium. The change in the concentration of ammonia nitrogen in the culture was
qualitatively tested to complete the initial screening by observing the colour change of the Nessler
reagent. Then, the obtained suspensions of different concentrations were uniformly coated on the
surface of BTB medium and placed in a constant-temperature incubator to verify whether there was
aerobic-denitrification activity.

The strains obtained by the primary screening were rescreened, and four strains with preferable
COD degradation ability and denitrification performance were selected as the target strains and
inoculated onto an inclined surface at 4 ◦C. The screened strains were subjected to Gram staining and
observed by optical microscopy [33]. Single colonies were picked and cultured in a liquid medium
to log phase, and the culture solution was used for genome extraction. The 16S rRNA sequences of
the strains, amplified by universal primers 27F and 1492R, were submitted to NCBI for comparative
analysis with GenBank data.

The strains selected from the biogas slurry and the aerobic sludge were prepared at a ratio of
1:1:1:1, which corresponded to the best COD degradation and denitrification performance.

2.3. Configuring the Synthetic Microbial Community and Measuring Its Growth Curve

The synthetic microbial community was transferred to NM liquid medium and cultured at 30 ◦C
and 150 r/min for 24 h. The ammonia nitrogen removal efficiency reached an average of 91.32% at 24 h.
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To determine the changes in the growth curve of the complex strain under different nitrogen
sources, NH4Cl, KNO3, and NaNO2 were selected as the only nitrogen source digestion media. During
cultivation, the concentration of the synthetic microbial community, the nitrogen source concentration,
and the COD concentration in the reactor were measured. The concentration of the strain was
determined by regular measurements of OD600, which is the absorbance of the bacterial suspension at
a wavelength of 600 nm. The absorbance and the time were taken as the ordinate and the abscissa,
respectively, to plot the growth curves of the synthetic microbial community, which were fitted by
exponential growth curves.

2.4. Effect of Different Factors on Heterotrophic Nitrification-Aerobic Denitrification

To analyse the effect of different carbon sources on heterotrophic nitrification, glucose, sodium
acetate, sodium succinate, and potassium sodium tartrate were selected as electron donors for the
synthetic microbial community. In the experiment, the components, other than the carbon source and
the nitrogen source in the NM medium, composed the basal medium. For convenience of analysis, the
nitrogen source added to the medium was only ammonia nitrogen, and the carbon source to be tested
was separately added to maintain a carbon to nitrogen ratio (molecular ratio) of 10.

A bevelled surface stored in a refrigerator at 4 ◦C was used as the source of the strains, and
rings were picked into an Erlenmeyer flask containing 100 mL of NM fluid medium. The strains
were cultured for 24 h under aerobic shaking at 30 ◦C and 150 r/min. The culture conditions were as
described above.

To analyse the effect of the C/N ratio on heterotrophic nitrification, glucose was the only carbon
source, and the fixed nitrogen source concentration was 156.14 mg·L−1 in the experiment. The carbon
to nitrogen ratio (C/N) was changed by adjusting the carbon source concentration so that the C/N ratio
was 1, 4, 7, 10, or 13. The strains were cultured in liquid medium at 30 ◦C and 150 r/min for 24 h under
aerobic shaking.

To determine the optimum environmental pH or pH range of the synthetic microbial community,
the pH was set to 5 different values. In this experiment, the effects of pH values of 5, 6, 7, 8, and 9 on
the growth of the strains were studied.

The heterotrophic nitrification-aerobic denitrification strain was activated in culture medium until
reaching log phase. The bacterial suspension was centrifuged at 8000 rpm for 10 min. The supernatant
was removed and resuspended in sterile water, and this procedure was repeated 3 times. The
sterilized bacterial suspension was added to a 250 mL conical flask containing 100 mL of heterotrophic
nitrification medium and cultured at 20 ◦C, 25 ◦C, 30 ◦C, 35 ◦C, or 40 ◦C with a rotating speed of 150
rpm. After culturing in a shaking bed for 24 h, the culture solution was centrifuged to remove the cells,
and the supernatant was diluted to determine the ammonia nitrogen concentration.

2.5. Optimizing the Proportion of Strains Used to Prepare the Synthetic Microbial Community

The synthetic microbial community was activated in the LB medium to prepare a heterotrophic
nitrification-aerobic denitrification medium. According to the above experiment regarding the effects
of different factors on heterotrophic nitrification-aerobic denitrification, the culture conditions were
set to a carbon source of glucose, the C/N ratio of 10, pH of 7, the temperature of 30 ◦C, and rotation
speed of 150 rpm. The ratios of the synthetic microbial community are shown in Table 1. After 48 h
of culture, the supernatant taken from bacterial fluid centrifuged at 8000 rpm for 5 min was used to
determine the concentration of ammonia nitrogen, and the results were compared with the results for
the blank group.
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Table 1. The ratio of the synthetic microbial community.

Ratio Pseudomonas sp. Sphingobacterium sp. Bacillus sp. Acinetobacter sp.

1 1 1 1 1
2 1 1 1 2
3 1 1 2 2
4 1 2 1 2
5 1 2 2 1
6 1 1 1 3
7 1 2 1 3
8 1 1 2 3
9 1 2 2 3

2.6. Application of the Synthetic Microbial Community for Pig Farm Wastewater Treatment

The wastewater came from a pig farm located in Chongqing, China, and the main pollutants
contained in the manure sewage of the pig farm were organic matter, suspended matter, and ammonia
nitrogen which is a high-concentration component of organic wastewater. The average flow efficiency
was 2.5 m3/d, and the COD concentration and ammonia nitrogen concentration of the influent water
were 1.5 g·L−1 and 1 g·L−1, respectively. The synthetic microbial community were added to the SBR
reactor to remove the COD; the ammonia nitrogen reaction cycle was 12 h, including 9 h of influent
flow and 3 h of precipitation, and the wastewater was discharged once every two cycles. The length,
width, and height of the SBR reactor were 2400, 1000, and 1100 mm, respectively. Sludge loading and
the sludge concentration were 0.15 kgCOD/kgMLSS·d and 4.0 kgMLSS/L, respectively. The range
of the DO (dissolved oxygen) concentration threshold is relatively wide and is not clearly defined.
In this experiment, the concentration of DO in the feed water was controlled on average to about 0.001
g·L−1 to control its stability. Experimental wastewater collection began on August 29, and COD and
ammonia removal efficiency monitoring ended on October 10. The startup mode can be divided into
asynchronous startup and synchronous startup according to the startup steps. The pH and temperature
of the SBR reactor were approximately pH 7 to 8.2 and 30 ◦C, respectively. Samples were taken from
the tank for the measurement of ammonia and COD in the influent and the effluent, and the data
presented in this study were obtained after bioaugmentation.

2.7. Analytical Methods

pH was measured by a PHS-3B precision pH meter. Ammonium, nitrate, nitrite, and total nitrogen
were measured by standard methods [34]. Ammonium was determined by the Nessler’s reagent
spectrophotometric method [35]. Nitrite was determined by the N-(1-naphthalene)-diaminoethane
photometry method. Nitrate was measured by the ultraviolet spectrophotometric method [36], and
the total nitrogen was measured by alkaline potassium persulfate digestion-UV spectrophotometry.
The COD was measured by a closed reflux colorimetric method. Bacterial growth was monitored by
monitoring the optical density at 600 nm (OD600) using a spectrophotometer. The removal efficiency
of ammonia nitrogen in the heterotrophic nitrification-aerobic denitrification process was calculated
using Equation (1):

η1 = (C1 −C2)/C1 × 100% (1)

where C1 is the corresponding concentration of ammonia nitrogen at time t1 in mg·L−1 and C2 is the
corresponding concentration of ammonia nitrogen at time t2 in mg·L−1.

The removal efficiency of nitrate in the heterotrophic nitrification-aerobic denitrification process
was calculated using Equation (2):

η2 = (N1 −N2)/N1 × 100% (2)
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where N1 is the corresponding concentration of nitrate at time t3 in mg·L−1 and N2 is the corresponding
concentration of nitrate at time t4 in mg·L−1.

The removal efficiency of COD in the heterotrophic nitrification-aerobic denitrification process
was calculated using Equation (3):

η3 = (D1 −D2)/D1 × 100% (3)

where D1 is the corresponding concentration of COD at time t5 in mg·L−1 and D2 is the corresponding
concentration of COD at time t6 in mg·L−1. Larger values of η 1, η 2, and η 3 implied a higher capability
of nitrogen and contaminant removal.

The 16S rRNA gene sequences of the strains were amplified by using the genomic DNA as the
template and 16S rRNA universal primers [37]. The purified PCR products were sequenced and
compared with the published data in GenBank by using BLAST [38].

3. Results and Discussion

3.1. Isolation and Identification of the Strains

After the separation, purification, and rescreening of the fifteen strains, four heterotrophic
nitrifying strains were picked and named SBR-2, P6, SBR3-2, and SBR-1. The SBR-2 colony was pale
yellow with a wrinkled, moist and translucent surface and irregular rectangular edges, and single
colonies were short rod shaped. The P6 colony bulged with a shiny surface and milky white and
opaque folded edges, and single colonies were rod shaped. The SBR3-2 colony was round and opaque
and had a moist surface, and single colonies were long and rod shaped. The SBR-1 colony was yellow
with a smooth and moist surface and neat edges, and single colonies were rod shaped.

The genomes of the four heterotrophic nitrifying strains were used as templates to carry out
PCR amplification, and partial 16S rRNA fragments of the four strains of bacteria were obtained.
A neighbour-joining tree based on the 16S rRNA gene sequences was constructed to show the
phylogenetic positions of SBR3-2, SBR-1, SBR-2, P6, and representatives of some other related taxa.
Bootstrap values (expressed as percentages of 1000 replications) are shown at the branch points; the
scale bar represents 0.02 substitutions per nucleotide position. The measured sequences were compared
to nucleic acid sequences in the GenBank database. By comparing the results and morphological
characteristics mentioned above, strains SBR-2, P6, SBR3-2, and SBR-1 were identified as Pseudomonas
sp., Acinetobacter sp., Bacillus sp., and Sphingobacterium sp., respectively, and their sequence similarities
were all over 99%. An NJ tree was constructed using MEGA 7.0.26 (Figure 1).

The synthetic microbial community was prepared from the four strains at a ratio of 1:1:1:1. Under
conditions of 30 ◦C and 150 r/min for 24 h, the ammonia nitrogen removal efficiency of the synthetic
microbial community reached an average of 91.32%.
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Figure 1. Phylogenetic tree based on 16S rDNA sequences of the isolates and related standard bacteria.

3.2. Growth Curves of Different Unique Nitrogen Sources

Microbial growth and reproduction mainly proceed via several stages, i.e., the adaptation,
logarithmic, stable, and decay stages [39]. To understand the growth cycle of the synthetic microbial
community, the growth curve of the synthetic microbial community cultured in nitrification medium
with NH4Cl as the sole nitrogen source for 24 h was calculated and is shown in Figure 2; the removal
efficiencies of ammonia nitrogen and COD were 98.90% and 94.46%, respectively. From the change in
absorbance at OD600, the synthetic microbial community grew rapidly during the 0 to 4 h adaptation
period, and the strain grew rapidly into the logarithmic growth phase after four hours After 22 h,
the strain population reached a maximum and entered the stable phase. The concentration of NH4

+

decreased slowly from 0 to 4 h, and the decrease in efficiency at 4 h was rapid. There was a very
small amount of NO2

− accumulation during the reaction, while the remaining ammonia nitrogen was
partially converted into gaseous nitrogen via the desorption reaction and partially converted into other
nitrogen-containing substances in solution.

The growth curve of the synthetic microbial community cultured in nitrification medium with
KNO3 as the sole nitrogen source for 24 h is shown in Figure 3, and the removal efficiencies of ammonia
nitrogen and COD were 95.02% and 65.65%, respectively. The same observation method revealed that
the synthetic microbial community was in the adaptation period from 0 to 2 h. After 2 h, the strains
grew rapidly into the logarithmic growth phase, and the population was still increasing after 24 h.
The concentration of NO3

− decreased slowly from 0 to 2 h, and the efficiency of decline increased
significantly at 2 h; NO2

− accumulated throughout the reaction process. This result was in contrast
to some heterotrophic nitrification-aerobic denitrification strains, such as LD3 [40], that have a large
amount of nitrite accumulation during the reaction. Because nitrite reductase and nitrate reductase
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existed simultaneously in the synthetic microbial community and had high activity, the nitrite nitrogen
produced during denitrification was rapidly reduced by the high-activity nitrite reductase [41].

Figure 2. Growth curve of synthetic microbial community with NH4Cl as the sole nitrogen source.

Figure 3. Growth curve of synthetic microbial community with KNO3 as the sole nitrogen source.

The growth curve of the synthetic microbial community cultured in nitrification medium with
NaNO2 as the sole nitrogen source for 24 h is shown in Figure 4, and the removal efficiency of ammonia
nitrogen and COD was 98.60% and 76.45%, respectively. The synthetic microbial community was in the
adaptation period from 0 to 2 h. After 2 h, the strain population increased rapidly into the logarithmic
growth phase, and the population reached a maximum after 22 h. Although generally, high nitrite
concentrations were toxic to the strain and inhibited its growth and metabolism, some strains, such as
Y-11, have a certain tolerance to high nitrite [42]. Similarly, the synthetic microbial community showed
better tolerance and denitrification capacity.

The results of the batch test indicated that the synthetic microbial community had a good effect on
the degradation of nitrogen and the removal of COD in media with different sole nitrogen sources.
The use of NH4Cl as the sole nitrogen source resulted in a better degradation efficiency, COD removal
efficiency, and strain growth than those obtained when using NaNO2/KNO3 as the nitrogen source.
The fact that nitrite had no obvious inhibitory effect on the growth and denitrification of the synthetic
microbial community showed good environmental adaptability and potential application in the
treatment of nitrite sewage. In summary, the synthetic microbial community can be grown for organic
removal under different nitrogen sources, including ammonia nitrogen, nitrate nitrogen, and nitrite
nitrogen, and the growth efficiency and organic matter removal efficiency of the synthetic microbial
community are affected by the nitrogen source.
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Figure 4. Growth curve of synthetic microbial community with NaNO2 as the sole nitrogen source.

3.3. Effect of Carbon Source on Heterotrophic Nitrification-Aerobic Denitrification

The carbon source is not only an energy source for microbial nitrogen removal but also directly or
indirectly affects the growth efficiency of microorganisms and the efficiency of nitrogen removal [43].
The fixed nitrogen source concentration (NH4

+-N) was 156.14 mg·L−1, and the results in Figure 5
indicate that more carbon sources could be utilized by the synthetic microbial community. In addition,
potassium sodium tartrate had a very poor effect as a carbon source, and the removal efficiency of
ammonia nitrogen was 98.56%, 98.75%, and 99.51%, respectively, when glucose, sodium acetate, and
sodium succinate were used as the carbon sources. The effect of sodium tartrate as the sole carbon
source is poor because the concentration of different carbon sources in our experiments remains the
same. The reaction process using sodium tartrate as a carbon source generally requires a higher carbon
source concentration, which reflects the effect deviation. In summary, different carbon sources affect the
heterotrophic nitrification ability of the composite bacteria. A suitable carbon source is one of the keys
to improving the ammonia nitrogen removal efficiency. The most suitable substance for heterotrophic
nitrification by the synthetic microbial community was sodium succinate in this experiment.

3.4. Effect of the C/N Ratio on Heterotrophic Nitrification-Aerobic Denitrification

The NH4
+-N removal percentages were significantly different among C/N ratios of one to 13,

as shown in Figure 5. According to the experimental data, the ammonia nitrogen removal efficiency
was only 15.92% when the C/N ratio was one, and the main reason was that an insufficient carbon
supply could damage both microbial growth and the denitrification of electron donors [44]. As the
C/N ratio increased, the ammonia nitrogen removal efficiency increased gradually until the C/N ratio
reached 10, and the ammonia nitrogen removal efficiency reached a maximum at 98.98%. However,
when the C/N ratio increased from 10 to 13, the ammonia nitrogen removal efficiency decreased, and
the explanation was as follows: the higher carbon-nitrogen ratio made the carbon source content so
high that some organic matter was directly embedded into the enzyme structure, affecting enzyme
activity [45]. Experiments have shown that the amount of organic carbon plays an essential role in cell
growth and denitrification. If the carbon source was insufficient, there was not enough electron flow to
provide enough energy for the growth of the cells, and thus the denitrification capacity was relatively
low. If the carbon source provided had a much higher content than the demand of the cells, the carbon
source was no longer a limiting factor; the growth and metabolic activity of the cells were in a stable
phase and can even have undergone reverse growth, and the denitrification capacity was stabilized or
decreased. The experimental results showed that the optimal carbon to nitrogen ratio was 10, and the
findings for other denitrifying bacteria, such as Vibrio diabolic SF16, seem consistent [46].
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Figure 5. Effect of factors on the growth and nitrification ability of the synthetic microbial community.
Carbon source (A), ratio of carbon to nitrogen (C/N) (B), pH (C), and temperature (D).

3.5. Effect of Changes in pH on Heterotrophic Nitrification-Aerobic Denitrification

The pH in the environment has a significant influence on the life activities of microorganisms.
The primary role of pH is to cause a change in the charge of the cell membrane, thereby affecting the
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absorption of nutrients by the microorganism and affecting the enzyme activity [47]. As shown in
Figure 5, the synthetic microbial community demonstrated acid and alkali inhibition at pH five and
pH nine, respectively. The strain achieved the highest ammonia removal efficiency of 99.13% at pH
seven, and the ammonia nitrogen removal efficiency of the synthetic microbial community could reach
98% or more in the range of pH six to nine.

In general, most heterotrophic nitrification-aerobic denitrification bacteria prefer a neutral or
slightly alkaline environment, and the optimal pH range is six to nine [48]. However, when the
culture medium is different, the optimum pH of heterotrophic nitrifying bacteria will also change.
In beef extract peptone medium, the nitrification activity of the strain was not very sensitive, but in
glucose-ammonium acetate medium, the nitrification activity was affected by changes in pH.

3.6. Effect of Changes in Temperature on Heterotrophic Nitrification-Aerobic Denitrification

The ammonia nitrogen removal efficiency of the synthetic microbial community at different
temperatures is shown in Figure 5. In the range 20–40 ◦C, the denitrification performance of the
synthetic microbial community was very good, and a value of 98% was maintained. Although the
synthetic microbial community maintained an ammonia nitrogen removal efficiency of 98.01%, it had
a slight decline at 40 ◦C. What caused this decline was that under high-temperature conditions, the
active substances, such as enzymes, in microorganisms are denatured [49], and some cell functions
are decreased or even terminated. These results suggested that average temperatures did not play an
essential role in the process of heterotrophic nitrification of the synthetic microbial community. Taking
cost-effectiveness into consideration, 30 ◦C was the most suitable reaction temperature.

3.7. Optimizing the Proportions of the Strains Used to Prepare the Synthetic Microbial Community

It can be concluded from Table 2, that the ammonia nitrogen removal efficiency and nitrate
removal efficiency dropped significantly upon increasing the proportion of Acinetobacter sp., even
to the relative contents corresponding to ratios two, six, and seven. When the ratio of Pseudomonas
sp. and Bacillus sp. was kept constant, while increasing the proportion of Sphingobacterium sp. and
Acinetobacter sp., the ammonia nitrogen removal rate and nitrate removal efficiency increased, and the
maximum value was obtained at ratio number four. This result could have been obtained because
the metabolites of a particular strain could have stimulated the growth of other strains or affect their
functions, and thus affected the function of the whole system [50]. Comparing experimental group
one and experimental group two„ experimental group eight and experimental group nine, a single
increase of the ratio of Acinetobacter sp. or a single decrease of the ratio of Pseudomonas sp. is harmful
to the entire system. However, from the perspective of the interaction between microorganisms, it is
suitable for the whole system to reduce the ratio of Pseudomonas sp. and Bacillus sp. and increase
the ratio of Acinetobacter sp. and Sphingobacterium sp. simultaneously. In conclusion, the synthetic
microbial community ratio with the highest ammonia nitrogen removal efficiency is Pseudomonas sp.:
Sphingobacterium sp.: Bacillus sp.: Acinetobacter sp. = 1:2:1:2 (volume ratio).

Table 2. The effect of the composite ratio of synthetic microbial community on removal efficiency of
ammonia nitrogen and nitrate.

Ratio Ammonia Nitrogen Removal Efficiency (%) Nitrate Emoval Efficiency (%)

1 91.32 98.05
2 80.77 90.75
3 84.33 94.35
4 96.75 99.30
5 96.75 86.10
6 82.48 85.50
7 77.20 85.65
8 76.91 97.95
9 70.49 85.65
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3.8. Application of the Synthetic Microbial Community for Pig Farm Wastewater Treatment

In this application, a bioenhancement scheme was mainly adopted, and the optimized synthetic
microbial community was added to the SBR reactor. To enhance the ammonia nitrogen and nitrate
removal performance, the reaction conditions were adjusted to the optimal conditions obtained by
experimental analysis, i.e., glucose as a carbon source, a C/N ratio of 10, a pH of 7, and temperature
of 30 ◦C. The SBR reactor had been operating stably for 40 days, and the average ammonia nitrogen
concentration of the effluent water, the average ammonia nitrogen removal efficiency, and the average
COD removal efficiency were 42.53 mg·L−1, 92.61%, and 76.45%, respectively, as shown in Figures 6
and 7. To confirm whether ammonia nitrogen eventually became nitrogen gas, the total nitrogen was
detected in the effluent. The total nitrogen value per day was slightly higher than that of ammonia
nitrogen, which proved that the ammonia-degrading composite agent had indeed played its intended
role and completed the biological denitrification process of ammonia from nitrogen to nitrogen. It is
worthwhile mentioning that due to the rain, the effluent was diluted, and the ammonia nitrogen in the
inlet water was lower than usual. According to the analysis, the excessively high ammonia nitrogen
concentration in the inlet water would not be suitable for microbial reactions. After the ammonia
nitrogen concentration was appropriately reduced, the removal rate was significantly increased.
These results indicate that the use of the synthetic microbial community would result in a significant
improvement in the biological nitrogen removal of pig farm wastewater.

 
Figure 6. Ammonia nitrogen concentration change in the SBR reactor.

 

Figure 7. COD concentration change in the SBR reactor.
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4. Conclusions

In this study, four heterotrophic nitrification aerobic denitrification strains, SBR2, P6, SBR3-2,
and SBR-1, were isolated and identified as Pseudomonas sp., Acinetobacter sp., Bacillus sp., and
Sphingobacterium sp., respectively. The synthetic microbial community was composed of the four
above strains in a ratio of 1:1:1:1, and its growth curve was drawn under different nitrogen sources.
By adjusting the reaction conditions, including the carbon source, carbon to nitrogen ratio, pH, and
temperature, and considering the economic benefits and nitrogen removal performance, the reaction
conditions of the synthetic microbial community were determined to be sodium succinate as a carbon
source at C/N of 10, pH of 7, and 30 ◦C. The configuration scheme was optimized by adjusting the ratio
of the four strains to 1:2:1:2 and detecting their denitrification performance, and the final synthetic
microbial community was obtained and applied in pig farm wastewater treatment. In summary, the
synthetic microbial community is a promising candidate for extensive application in various pollution
control systems, including livestock wastewater and the aquaculture industry, and the next step is
to determine the growth characteristics and denitrification performance of the synthetic microbial
community under extreme temperature, pH, and ammonia nitrogen concentration values.
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