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Certain elements are essential to the growth and health of living organisms with
specific biochemical functions in their metabolic processes. However, these elements can
become toxic when their amounts exceed certain thresholds. Therefore, the environmental
levels of various trace elements in soil, water, or sediment are of major concern due to
their dose-dependent effects on living organisms. The aim of this Special Collection is
to bring researchers from different fields together, involving biogeochemistry and eco-
toxicology in various environmental media, in order to provide a more comprehensive
understanding of the environmental fate of trace elements in their biogeochemical cycles
for different ecosystems.

In this context, several contributions have been made to study the presence and ef-
fect of trace elements in different environmental sinks. In the soil system, Horvath and
co-authors [1] monitored the contamination levels and executed a comparative assess-
ment of soil properties and dwelling mesofauna in a mid-sized Hungarian city in two
different years, and they found a correlation between specific chemical parameters and
soil microarthropods. Pan and co-authors [2] studied the concentrations of potentially
toxic elements in 27 surface soil samples from areas where coal-mining activities ceased
nine years ago (Guizhou Province, China). Cadmium was the only element that showed a
mean concentration higher than the national soil quality standard, with levels that could
be harmful to live organisms. Korzeniowska and Kraz [3] studied heavy metal pollution
caused by anthropogenic activities in the natural Tatra National Park (Poland). They ob-
served the presence of Cd and Pb from human activities and noted that with the increase in
the altitude of the terrain, the concentration of metals in soils decreased. Sutkowska and
co-authors [4] defined pollution indices as an efficient tool for distinguishing anthropogenic
soil pollution and geogenic contamination in two polish areas differing in geological setting
and type of land use. In the attempts to establish remediation techniques for polluted soils,
Baek and co-authors [5] evaluated the feasibility of using a practical chemical washing
method for the removal of fluorine from an enriched soil, and they stated that chemical
washing might not be effective for remediating soils containing chemically stable forms of
fluorine. Aguilar-Garrido and co-authors [6] evaluated the potential remediation of peat in
different As-polluted soils by assessing the decrease of As solubility and its toxicity through
bioassays. Peat addition decreased As mobility, but less effective in buffering As pollution
was observed in calcareous soils. Moreover, Zaragiieta and co-authors [7] observed that
the use of sewage sludge, which can be used as an organic amendment in agricultural soils,
increased the concentration of some trace metals in the soil, in bioavailable forms, and in the
crop. Interesting results also presented in the work done by Yang and co-authors [8], who
studied the adsorption behavior of p-arsanilic acid (ASA), a kind of organic arsenic feed
additive that contains the arsenic group in a chemical structure, on three kinds of pure iron
oxides and nine soils to elucidate its implication for contaminated soils. Their findings help
to understand the environmental transportation behavior of organoarsenicals by evaluating
the potential hazards associated with the usage of organic arsenic feed additives. Last
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but not least, in studies done with soil fractions, Suazo-Hernandez and co-authors [9]
analyzed the effect of metal (Cu, Ag) engineered nanoparticles on phosphorous availability
in an agricultural Andisol and observed that the incorporation of the studied nanoparticles
into the selected soil generated an increase in P retention, which may affect agricultural
crop production.

Several studies were focused on the anthropopressure on sediments; Warta River stud-
ied by Jaskuta and co-authors [10] and Wigry Lake surveyed by Kostka and Lesniak [11],
both located in Poland, showed signs of heavy metal pollution. In Warta River, the third-
longest river in Poland, heavy metal contaminated sediments can act as point sources
in urbanized areas and fluvial processes. The results obtained from Wigry Lake showed
signs of metal pollution, mainly by Pb, although it is located in a pristine region. In the
same line, the work performed by Ramirez-Pérez and co-authors [12] investigated the
geochemistry, enrichment, and pollution of trace metals in anoxic sediments, pointing to a
possible ecotoxicological risk to organisms for Pb, Cu and Zn in superficial sediment layers
in the San Simon Bay (Spain), contaminated in the surface mainly due to anthropogenic
inputs, especially in the case of Pb, reflecting the enormous human pressure on these
ecosystems. Huang and co-authors [13] studied the causes of copper and other common
heavy metals input in sediments of irrigation canals in Taiwan province (China). They
observed that sediments were polluted mainly due to the highest masses of pollutants
released into drainage wastewater of the county and the return flow from irrigation, and
the illegal discharge of wastewater. Dinis and co-authors [14] assessed the ecological risk
of cadmium in karst lake sediment at Yelang reservoir in Guizhou province (China), also
incorporating an ecotoxicology approach, and found strong to extremely strong ecological
risks of Cd in sediments, but low ecotoxicology for the organism investigated, due, mainly,
to water properties (pH, and Ca and Mg content). Matabane and co-authors [15] did a
sequential extraction and risk assessment of potentially toxic elements in river sediments
of Blood River (South Africa), to assess a possible trend of mobilization of these elements
from sediment to water, they found a high toxicity-risk level, which could cause a threat to
organisms dwelling in sediments and local residents via consumption of crops irrigated
with the polluted river water. Finally, the sediment research is completed by a review article
of Nawrot and co-authors [16], which provides different methods in assessing the status
of the trace metal contamination in sediments affected by anthropogenic interference by
applying geochemical and ecotoxicological assessment and classification indices.

In water systems, two contributions determined pollutants in Russia: Menshikova
and co-authors [17] analyzed the water balance at the Kachkanar Mining and Processing
Plant tailings dump (Russia, Ural Region), and they highlighted that increasing the volume
of seepage discharge will lead to an increase in natural water pollution within the area.
Novikov and co-authors [18] identified the chemical composition of water from natural
springs near large cities in the Arctic region of Russia, which is used instead of tap water.
They found hazardous pollutants exceeding Russian hygienic limits in half of the tested
waters. Interesting findings were also shown by Moskovchenko and co-authors [19],
who studied the chemical composition of snow from Tyumen (Russia), which allowed
for a quantitative determination of pollutants deposited from the atmosphere. With this
determination, they identified the most polluted parts of the city, which were in the
center and along the roads with the most intensive traffic. Kozina and co-authors [20]
studied the conditions of sedimentation in the Caspian Sea, taking into account lithological,
mineralogical and geochemical data and observed that hydrogen sulfide contamination,
recorded in the bottom layer of the water column of the deep-water basins, affects the
formation of authigenic sulfides, sulfates and carbonates associated with the activity of
sulfate-reducing bacteria.

The research in water systems was completed by Fedoro¢kova and co-authors [21],
who designed and verified a laboratory method for the testing of alkaline, magnesite-
based reactive materials for permeable reactive barriers to remove heavy metals from
contaminated groundwaters.
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Above mentioned studies especially focused on the effect and distribution of heavy
metals investigated in soil, sediment and water systems and demonstrated that several
regions in the World present potential risks from trace element pollution. Furthermore,
different ecological approaches (indices, ecotoxicological studies, geochemistry), different
forms of pollutants (nanoparticles, bulk metals, organic metals) and potential remediation
or techniques for trace element pollution controls are also illustrated in this volume and
provide a thorough comprehension of the status, control, and remediation of elemental
pollution in the ecosystems under anthropogenic disturbances.

Conflicts of Interest: The authors declare no conflict of interest.
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Abstract: The main purpose of the present study was to monitor actual contamination levels and
execute a comparative assessment of results in a mid-sized Hungarian city for two different years.
The first citywide soil investigations were completed in 2011. In 2018, the most prominent properties
(pH, CaCOg;, texture, and trace metals Cd, Co, Cu, Ni, Pb, and Zn) were reanalyzed and were
supplemented with mesofauna on selected sites. The available trace metal elements of urban soils
showed the following tendency in 2011: Zn > Cu > Pb > Cd > Cr = Ni = Co. In 2018, the previous order
changed to Zn > Pb > Cu > Cr > Cd = Ni = Co. Cd and Pb enrichments were found, especially near the
M7 motorway. The comparison between 2011 and 2018 revealed soil contamination was, on average,
higher in 2011. Soil microarthropod communities were sampled and assessed using abundance data
and diversity measurements. Soil biological quality was evaluated with the help of the Soil Biological
Quality (QBS-ar) index. Acari and Collembola appeared to be the most abundant, ubiquitous taxa
in the samples. Simultaneously, important groups like Symphyla, Protura, and Chilopoda were
completely absent from the most polluted sites. For the most part, lower taxa richness, diversity, and
QBS-ar index were observed with higher available Cu Zn, and Pb concentrations.

Keywords: soil properties; urban ecology; trace metal pollution; soil organisms; diversity

1. Introduction

The impact of anthropogenic effects and environmental pollution creates an urgent
need to investigate complex urban ecosystems. Soil, water, and sediment analysis comple-
mented with biological indices (hydrobiological and mesofauna) can detect all prominent
anthropogenic influences in the urban environment. Deficiencies within the national regu-
lations of Hungary hinder the mitigation of adverse human effects. Moreover, complex
investigations are often not well interpreted. Appropriate reference sources at the global
level are also difficult to find.

Extensive evaluation of smaller aspects, like air quality monitoring with mosses [1]
or detection of heavy metal content in dust [2], is available. Still, a knowledge gap exists
regarding the long-term effects of these factors. The complexity of the current research
requires a structured literature background for the parts of the study performed. The
present study is part of a more complex analysis measuring urbanization effects on soil,
water, sediment, mesofauna, and aquatic invertebrates.

Evaluations of the means, mobility, and interactions of heavy metal pollution in
urban soils [3-7] have proven effective globally, both for soil development and ecosys-
tem services [8]. Ultilizing better knowledge of urban land use [9-11] or urban parks,
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schoolyards [12], or urban industry effects [13,14] not only improves the quality of life
for urban residents but also aids in evaluating the impacts of different reclaimed land
uses on topsoil properties. Soil development under different land use/cover is critical for
restoring eco-environmental integrity and providing vital functions and services for city
dwellers [15-17].

Urbanization is usually linked with changes in the soil environment, including habitat
alteration, fragmentation and loss, and pollution, which also have strong negative effects
on soil biota [18,19]. The diversified role of microarthropod communities in soil quality and
health has been widely reported (e.g., [20,21]). Owing to their stability, relatively sedentary
lifestyle, and sensitivity to soil property changes, specific taxa are often used as bioindi-
cators of stressed environments [22,23]. The most frequently studied soil microarthropod
groups in urban environments are Collembola and Acari (e.g., [24-27]); however, a more
comprehensive evaluation of soil biological quality involving other microarthropod groups
is also worth considering [19,28]. The novelty of our research is related to the fact that no
complex ecological soil assessment (physicochemical and biological) has yet been carried
out in urban environments in Hungary.

Despite the numerous urban soil studies in every continent that investigated the actual
and increasing level of potential toxic elements (e.g., China [29], Poland [10], New York [30],
Brazil [31], Angola [32]), we still do not have soil monitoring networks even at national
levels. Particularly, many studies dealt with polycyclic aromatic hydrocarbon (PAH) and
polychlorinated biphenyl (PCB) [33,34], or total element accumulation of urban parks [35],
but less information has been published about available element contents [36]. Noticeable
garden (fruit and vegetable) utilization is rather widespread in small and medium-sized
cities. Gardens and urban parks or playgrounds could also bind airborne pollutants.
Therefore, people may regularly come into contact with toxic elements accumulated by
plants or soils of public parks or gardens. Thus, the determination of available trace
metal contents is of particular importance. Due to the shortcomings mentioned above, our
research has several goals, some of which are long term.

e  The top priority of our research is to create a comprehensive database to complete the
national system. Our national soil monitoring network does not examine the health
conditions of human settlements.

e  The long-term aim is to propose a modification of the existing soil limit system based
on our results. Hungarian law only sets limits for total element content, e.g., for toxic
trace metals. In our opinion, the limit values should also be completed with available
toxic element limits to protect human health in urban areas.

e In addition, it is worth noting that in Hungary, the preparation of 4-6-year-long
environmental programs for every settlement has been mandatory since 2006. Most of
these programs are prepared with the involvement of a team of experts coordinated by
the local government, but the prepared documents rely on unmeasured data. The lack
of specific databases or municipal monitoring networks for cities is the reason for this.
On the other hand, experts often rely on literature in their attempts to identify local
problems affecting cities and offer suggestions from these literature-based findings.
Most of these suggestions can only be called “symptom management” and do not
attempt to uncover the “root problem”. Therefore, experts can only make modest
suggestions and lack the information needed to take definite steps.

Székesfehérvar, the city selected for the current paper, is the third in a closely linked
citywide ecological status survey. It is worth noting that no complex citywide investigation
had been completed in urbanized areas in Hungary before. The citywide urban soil investi-
gation by Horvath et al. [37], recently conducted in Sopron and Szombathely, is a related
research study. That study hypothesized that the Szombathely soils are more polluted
than Sopron soils, but the investigation revealed Sopron soils to be more contaminated on
average. The method employed in the current study differs from the one used for the two
abovementioned cities in so far as the comparison of our results to the base year 2011 that
was re-examined in 2018 also incorporates factors influenced by human activity. The city
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government has taken several municipal interventions aimed at sustainability. Therefore,
the results of this current study reflect these positive effects of the interventions. We have
already investigated these effects in water quality [38] and soil aspects as well. In 2018, the
method was complemented by biological supporting measurements; we did not utilize
these here.

Based on former experiences and conclusions, this study hypothesizes that pollution
in Székesfehérvar has increased over the last seven years, with expected contamination
increases in green areas. High pollution levels are also anticipated in the downtown area
where heavy traffic is typical, especially near the M7 motorway. During the comparison of
soil microarthropod groups, significant differences were expected in abundance between
the less polluted suburban sites and the urbanized area sites. Based on our fact-finding,
the population of Székesfehérvar started to increase from 1990. The area of the city also
increased due to construction and occupation. General migration processes (from the
east to the west) have occurred in the country since 2010. The continuous migration of
the capital’s population to the agglomeration is also an observable phenomenon. Both
processes affected the city due to its favorable location. The city has operated nine industrial
parks in the suburbs since the 2000s, where significant investments and developments (e.g.,
road network development) have been made to increase job opportunities. In addition,
since the handover of the M7 motorway in 2008, commuter traffic and through traffic
increased by 25% between 2010 and 2020. Based on previous expectations, the aims of the
study were the following:

e to analyze the basic soil properties and available concentration of trace metals (Cd,
Co, Cr, Cu, Nji, Pb, Zn) of the separate study years (2011 and 2018) and compare the
results with suggested or legal limits;

e to compare and evaluate the results of 2011 to 2018 and estimate the changes in
urban soils;
to determine the degree of accumulation with enrichment factor (EF) calculations;
to evaluate the quality and health of urban soil using the QBS approach;
to clarify the directions of city development: Is Székesfehérvar still a livable city? Or
do anthropogenic impacts have increasingly negative effects on soil and edaphon?

2. Materials and Methods
2.1. Study Area

Székesfehérvar, the city selected for this study, is located in Fejér County and has a
population of 100,500 inhabitants. The city covers an area of 170.89 km? and is situated
where Sarrét and South-Mez6f6ld merge. The elevations are between 103 and 222 m above
sea level. On the eastern border of the city are the Velencei Mountains that consist of
Carboniferous granite. During the rock formation process, the rocks of the mountain
gradually sank deep into the east. The city is located in the northern part of the most
extensive loess cover of the country; therefore, most of its territory is covered by thick
loess. In the eastern part of the city, watercourses from the mountains to the north formed a
significant alluvial cone on the Pannonian clayey sediments during the Pleistocene period.
Due to the continuous subsidence, peat formation also appeared in some parts of this area
in the Holocene [39]. The city’s climate is warm and dry. The annual mean temperature is
10.2-10.4 °C, and annual precipitation is less than 540 mm. The most common winds are
from the northwest, with an average speed of 2.5-3 m/s. The most important watercourse is
the Gaja Brook, which runs through the city with many channels connecting to it. A natural
saline lake (called “Sést6”) and some artificial lakes (a boating lake, fish ponds, and quarry
lakes) and two large fish ponds can also be found in the city. The township is surrounded
by degraded forests and grasslands or mostly utilized for agriculture. There are nine soil
types in the investigated area, of which the productivity of Vertisols and Chernozems
are the most favorable in the suburbs [40,41]. The natural conditions favor field crop
cultivation [39,42]. Based on geological circumstances, loess-bedded forest soils (Luvisols)
transformed into Technosols (Figure 1). These soils, mainly the topsoil layer formed by
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centuries-old human activities, are typical (IUSS Working Group WRB, 2014). The city is
located on a busy travel route between the capital city Budapest and Lake Balaton, the
biggest lake in Central Europe. The M7 motorway passes through the township from the
south side; therefore, the city and its surroundings receive high traffic levels. During the
analysis, an extremely high trace metal level was expected in the southeastern part of the
city. In addition, the city’s government has participated in many green programs and in
recent years has received funding for urban greening, urban planning, soil remediation,
road and park renovation, and dredging projects.

Soil types
Stony sails

[ Brown forest soils with clay iluviation

[ Bronn earts (Ramann brown forest sols)

- Chemozem brown forest soils

B Pseusomyoeiar (calcareous) chemozems
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[0 weadow alluvial sails and alluvial meadow sols
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Figure 1. Distribution of sampling sites with soil type information of the study area (© Open-
StreetMap contributors, soil map source: MTA TAKI 1991, https:/ /www.openstreetmap.org, accessed
on 29 June 2021).

2.2. Methods and Data Analysis

The effects of urbanization on the natural environment were the focus in the three
western Hungarian cities (Sopron, Szombathely, and Székesfehérvar) selected as case
study regions in 2010. The results of Sopron and Szombathely have already been pub-
lished [37,43,44]. In addition, water quality analyses were carried out for the watercourses
of Székesfehérvar [38]. The current paper will present the soil quality of the city. The chemi-
cal and physical characteristics of 144 soil surface samples were analyzed in Székesfehérvar
and its surroundings in 2011. In 2018, 42 monitoring sites were revisited (Figure 1).
During the research of pedological media, the following methods and measurements
were implemented.

2.2.1. Soil Analysis

In 2011, 154 topsoil samples were collected from 0-10 and 10-20 cm depths; the
sample number was eventually reduced to 144. In 2018, 42 topsoil samples were recol-
lected from sites where some soil property or condition measured in 2011 warranted a
re-examination. Altogether, 372 soil samples were analyzed during the research. Each test
site was represented by three replications of randomly collected and then thoroughly mixed
soil samples. The air-dried samples were sieved through a 2 mm mesh. The guidelines of
the Hungarian Standards were used for sample preparation and methods of soil analysis
(Table 1). These standards are in accordance with the methods of Van Reeuwijk [45]. Soil
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pHio (soil:solution ratio 1:2.5) was examined potentiometrically after 12 h of mixing to
determine the mobility readiness of trace metals [46]. CaCOj3 content was measured with a
Scheibler-type calcimeter [46]. Based on the standard [47], a sedimentation method (via the
pipette method) was used for the determination of soil texture. A soil/water suspension
was mixed in a sedimentation cylinder, and then sampled with a pipette to collect particles
of a given size and calculate the ratio of clay (<0.002 mm), silt (0.002-0.02 mm), fine sand
(0.02-0.2 mm), and coarse sand (0.2-2.0 mm). The skeletal percent (>2.0 mm) was sepa-
rated from fine fractions with a sieve. Soil organic matter (SOM) content was determined
following the FAO method [48,49]. As the 2011 results of the following measurement
were negligible, they were not monitored in 2018. Kjeldahl total nitrogen, K,O, P>0s,
KCl extractable Ca-Mg, and EDTA /DTPA-extractable Fe, Mn, Cu, Zn analyses were not
repeated, and their results will not be discussed in this study (Table 1).

Table 1. The summary of the pedological examinations.

Type of Measurements (Units) Standard 2011/2018
Skeletal percent (%) MSZ-08-0205/2:1978 [46] +/+
pH (HyO, KCl)—potentiometrically MSZ-08-0205/2:1978 [46] +/+
Total salinity (%) MSZ-08-0205/2:1978 [46] +/+
CaCOj3 (%)—Schleibler method MSZ-08-0205/2:1978 [46] +/+
Humus (%)—(K;CryOy + cc. H;SO4) MSZ-08-0452:1980 [49] +/+
Texture (2-0.002 mm—%) MSZ-08-0206:1978 [47] +/+
Total nitrogen (%) MSZ-EN-16169:2013 [50] +/—
Potassium (K;O, g/kg)—photometrically MSZ-20135:1999 [51] +/—
Phosphorus (P05, g/kg)—photometrically MSZ-20135:1999 [51] +/—
KCl-extractable calcium, magnesium (g/kg)—AAS MSZ-20135:1999 [51] +/—
EDTA/DTPA Fe, Mn, Cu, Zn (mg/kg)—AAS MSZ-20135:1999 [51] +/—

Available toxic element content
(NHg-acetate + EDTA)—ICP
Mesofauna analysis (Soil Biological Quality—QBS) Menta et al. [53] —/+

+ analysis was carried out; — no analysis was carried out.

MSZ 21470-50:2006 [52] +/+

The available soil element fraction was measured in a 0.5 M NH4-acetate + 0.02 M
EDTA extract [52,54]. The element concentrations were measured using the ICP-OES
method (ICAP 6000 Series, Thermo Fisher Scientific, Waltham, MA, USA). Merck calibration
standards were used for the element analyses, and the measurements were taken according
to the manufacturer’s instructions. Concentrations of Cd, Co, Cu, Ni, Pb, and Zn were
determined with detection limits of 0.05, 0.14, 0.26, 0.28, 1.21, and 2.10 mg/kg, respectively.
Each measurement session included the extract of a standard soil sample as a control. The
calibration curves were determined after every twelfth sample. In order to ensure the
required measuring accuracy, calibration was carried out in the international survey of the
Forest Soil Co-ordination Center (FSCC)-INBO. The unit of measurement was mg/kg for Cd,
Co, Cu, Nji, Pb, and Zn, with detection limits of 0.04, 0.12, 0.21, 0.28, 1.23, and 2.11 mg/kg,
respectively. The results were evaluated based on the limit values of suggested thresholds
by Kédar [55]. These limits are in accordance with contamination levels set by Hungarian
law [56,57]. The field and laboratory results were processed using geospatial methods and
were made compatible with the previous database (Microsoft Office vers. 2016).

2.2.2. Enrichment Factor Calculation

For pollution designation, total element fractions were also measured where meso-
fauna abundance was tested. The total trace metal amounts were analyzed (cc. 5 cm?
HNO; + 2 cm® H,O,) in microwave Teflon bombs [54] using ICP-OES. Altogether, nine
elements were measured (Al, Cd, Co, Cr, Cu, Pb, and Zn), but we focused on the most
common urban pollutants that are prominent for mesofauna: Co, Cu, Ni, Pb, and Zn.
The total fraction results were needed for enrichment factor (EF) calculations according to
the concentration rate between the measured contamination of mesofauna samples and
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naturally occurring reference metal source concentrations (e.g., Al, Li, Ti, Zr [58]) in the
crust and were modified by the following formula and categories [43].
X .
<7 sediment
EF sediment = Alxi
47 crust
The applied reference element was Al, which is a common rock-forming element [59].
The crust averages for the investigated metals were studied by Taylor and McLennan [60].
There is no kind of pollution enrichment where EF is near to 1. Pollution enrichment
(increasing anthropogenic impact) is expected in the case of EF rate >2 [61].

2.2.3. Soil Microarthropod Sampling and Identification

For the soil microarthropod surveys, three undisturbed soil samples of 100 cm® were
taken from a depth of 10 cm using a cylindrical soil corer from each selected survey site.
Soil microarthropods were extracted from the total of 33 soil samples into 70% ethanol
within a two-week period using Berlese-Tullgren funnels. Microarthropod specimens were
counted and identified at the major taxonomic group level using a stereomicroscope. Taxa
diversity was determined for each plot using the Shannon formula [62], while evenness
was calculated by Pielou’s index [63]. Soil biological quality was assessed using the QBS-ar
index [53,64], based on a classification of microarthropod groups present in the soil sample.
Each biological form was assigned a value (ecological-morphological index (EMI)) ranging
from 1 to 20 according to its adaptation level to the soil environment. The QBS-ar index
summarizes the abovementioned EMI values derived from the actual sample [64]. In
order to analyze the connection between soil parameters (pH, SOM, available trace metal
content) and soil microarthropod communities, a canonical correspondence analysis (CCA)
was performed using Canoco ver. 4.5 [65]. Taxa appeared in only one sample, and those
that occurred at a low level (<5 individuals) were excluded due to possible uncertain
relationships. A Monte Carlo permutation test with 1000 randomizations was performed
to evaluate the significance of the canonical axes.

3. Results
3.1. Soil Data

The 144 sampling sites of 2011 were classified into land use categories by the most
characteristic anthropogenic or environmental conditions according to the land registry.
After the categorization, 40 residential, 37 agricultural, 19 traffic zone, 17 miscellaneous,
9 park, 7 forest, 7 creek bank and lake shore, 6 industrial zone, and 2 viticulture areas were
separated (Table 2). In 2018, the selected 42 monitoring sites were reduced to 15 traffic
zone sites, 9 park sites, 6 creek bank and lake shore sites, and 5 residential zone sites; the
sampling network was completed with three forest sites, one industrial zone site, one
agricultural site, and one grassland for reference. The distribution of land use categories
is worth noting because only one sampling site was included in some categories, which
greatly influenced the statistical analysis. However, the monitoring of these sampling sites
was necessary as a control for confirming subsequent trace metal contents. Before trace
metal evaluation, the general soil properties of the base year had to be introduced. Table 2
shows the distribution of watery soil pH, CaCO3, texture, and SOM in 2011 in the study
area by land use categories.

The pH of soil mostly determines soil characterization [66]. In Székesfehérvar, slightly
alkaline soils were found in most cases. The average values were 7.3-8.1, and the lower
results appeared in forested areas. In Table 2, the averages of CaCOj3 content clearly show
the presence of calcareous sediments that appeared in categories with high anthropogenic
activities. The maximum value (33% CaCOj3) was found in a traffic zone site in the city
center. According to the particle size distribution, the clay (<0.002 mm) and silt fraction
(0.002-0.02 mm) were less than sand (0.02-2.0 mm) in the urbanized areas. Nevertheless,
the clay fraction did not exceed 22% and the samples were predominantly loamy. In a
citywide context, there was a slight radial decrease in texture as the distance from the

10
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city center increased. In the case of SOM, the highest values were found in semi-natural
categories. In summary, there were no notable differences in basic soil characteristics.

Table 2. Properties of the investigated soils of 2011: average values of particle size distribution, soil pH H,O, CaCOj3 content,
soil organic matter (SOM) in soils categorized by land use types and soil layer depth, n: number of samples.

n Texture (%) CaCOs3 SOM
Land Use Sampling Fine Coatse ( I_[;I—:))
Category Depth qty Clay% Silt% Sand® cand®% 2 % %
0-10 cm 7 13 9 37 41 7.3 12 5.88
Forestedarea 14, 50 o 7 11 11 35 43 7.4 12 433
. 0-10 cm 2 14 16 34 36 79 8 297
Viticulture area 145 oy 2 13 12 36 39 7.9 8 3.19
Agricultural 0-10 cm 37 22 21 47 10 8.0 13 4.26
area 10-20 cm 37 22 20 47 11 8.1 15 3.70
. . 0-10 cm 40 13 13 44 30 7.9 25 3.99
Residential area 1490 ¢ 40 13 14 44 29 7.9 17 3.94
. 0-10 cm 19 15 13 46 26 79 15 3.67
Traffic zone 14 50 cm 19 14 13 46 27 8.0 19 3.08
. 0-10 cm 6 22 19 43 16 7.9 21 4.32
Industrialarea 14, 50 o 6 20 21 11 18 8.1 16 474
Creek and lake 0-10 cm 7 18 19 40 23 7.9 12 5.65
bank 10-20 cm 7 16 22 40 22 8.0 15 4.58
0-10 cm 9 13 16 43 28 79 14 6.52
Park 10-20 cm 9 14 15 4 30 8.0 15 454
. 0-10 cm 17 16 20 46 18 7.8 21 3.36
Miscellaneous 149 ¢m 17 18 18 44 20 79 19 2.92
Nevertheless, when the 2011 results were compared to the values of 2018 on the
monitored sites, changes in soil properties became apparent. Over this period, the built
environment of the city increased by 10%. The average pHppo of monitoring sites decreased
to 7.7 from 7.9 in the 0-10 cm depth during the seven years. At the 10-20 cm depth, the
average pHipo of monitoring sites decreased to 7.9 from 8.0. Figure 2a clearly shows that
the number and value of outliers increased in 2018 in both layers that appeared in forested
areas in the suburbs. The average CaCOj results also decreased by ~3% in 2018 in both
layers (Figure 2b).
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Figure 2. The distribution of pHpo (a) and CaCOs3 (b) content on the monitoring sites, 2011 vs. 2018.

In the case of texture, there were no significant changes between the averages. Soil
texture is still loamy, but the averages hide the growth of sand fractions at each site
(Figure 3). Changes in texture were observed in traffic zone sites (S88, 5138, S151), in park
sites (5121, S139), and creek /lake banks (535, S154).

11
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Figure 3. The distribution of soil fractions at 0-10 cm soil depth.

Table 3 summarizes the most important results of available trace metal analysis in both
years where significant changes were detected. The available Co, Cr, and Ni values were
lower than or close to the suggested natural background limits in both years. Extremes
above the interventional pollution limits were observed at several sampling sites in 2011.
At sampling site S86 (industrial area), the highest result was found in the case of Cu
(408.4 mg Cu/kg) at a 0-10 cm depth. In addition, the highest Pb (97.5 mg Pb/kg) and
Zn (247.5 mg Zn/kg) contents were found at this site as well. These extreme results were
decreased in the 1020 cm depth, but they still stand out. Sampling site S152 (miscellaneous)
also showed high contents of Cd (2.5 mg Cd/kg), Cu (163.1 mg Cu/kg), Pb (38.2 mg
Pb/kg), and Zn (63.3 mg Zn/kg) in the lower layer. In these mentioned sites, the pollution
disappeared from samples in 2018. Considering the element occurrence, Zn exceeded the
B, C1, and C2 limits most often in the base year. The available toxic elements of urban soils
showed the following tendency in 2011: Zn > Cu > Pb > Cd > Cr = Ni = Co.

In 2018, samples taken alongside busy roads—especially near the M7 motorway—
were contaminated with Zn and exceeded the “C1” limit (>40 mg Zn/kg) and “C2” limit
(>80 mg Zn/kg). In the suburb, the amount of Pb decreased, especially in the southern
part of the city. The measured elements showed the following quantitative order in 2018:
Zn > Pb > Cu> Cr > Cd = Ni = Co (Figure 4).

The most significant negative changes were detected in samples of traffic zones (5102,
5107, S138), which are near the M7 motorway. Furthermore, the trace metal content of a
park (590) and a creek/lake bank (599) sample increased. In summary, the results showed
that soils were more polluted in the base year.

3.2. Enrichment Factor Calculation

To complete the previous determinations, the collected samples on mesofauna sam-
pling sites were evaluated and normalized with Al content. Enrichment factors were
calculated and assessed according to the terms in the table below (Table 4).

12
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Table 3. Available trace metal concentration of soil samples on selected sites classified by pollution limits.

2011 Site Nr. 2018 2011 vs. 2018 Land Use
Category
cd Co Cr Cu Ni Pb Zn cd Co Cr Cu Ni Pb Zn cd Co Cr Cu Ni Pb Zn
0.23 0.77 0.01 392 150  13.79 | 2941 0.24 2.30 0.20 6.31 394 1862 1236 0.01 1383 —17.05 !
0.53 1.15 047 1099 271 57 0.20 2.18 0.17 6.08 382 1364 1149 032 —831  —33.01 traffic zone
0.28 130 003 1492 151 . 0.18 047 0.32 17.85 090  20.90 —0.09 ) X —4544 085 =
0.23 1.31 0.06 13.40 1.42 0.10 0.29 0.41 8.30 0.84 1464 2231 —013 | —1.02 0.41 —5.09 —057 = —55.87 134 traffic zone
0.19 1.08 0.21 8.09 172 0.24 1.86 0.11 6.71 353 1097 1222 0.043 0.78 —0.09  —1.38 1.86 —29.91 .
0.17 1.06 0.20 7.21 1.78 . 581 0.17 1.50 0.10 5.02 2.72 9.32 8.95 0.01 0.44 —0.09 -2.19 0.93 1.63 _2pg6  residential area
0.63 021 714 086  17.06 0.14 0.77 0.14 742 099 1112 | 2271 —004 0.13 —0.06 0.25 0.13 —594 224 ]
0.69 0.24 5.90 0.87 16.29 585 0.12 0.71 0.14 4.88 1.24 1352 1334  —0.07 0.01 —0.09 —-1.01 0.36 —277 | =10.21 traffic zone
120 125 0.31 1.10 0.30 954 155 | 4795 2596 —2.05 —009 | —094 —39885 —095 | —495 —22154 . -
103 095 586 025 089 033 6.98 134 | 2949 1481 —120 —0.13  —061 17391 -002 —4396 —79.05  industrialarea
0.36 0.43 0.56 058 0.66 0.63 2755 179  23.80 0.22 0.22 0.71 X
0.41 0.39 058 1178 094 | 30.74 590 0.33 0.42 0.39 22.59 116 | 3524 —0.07  0.03 0.22 451 —17.52 par
0.17 0.33 0.20 1.88 0.49 2.96 <99 0.62 043 0.43 11.52 099 | 2592 3593 044 0.09 0.50 creek and.
0.11 0.29 0.26 1.93 0.50 2.76 491 0.56 0.32 0.41 11.62 097 | 2502 3466 045 0.02 0.46 lake bank
0.11 0.94 0.10 301 171 363 498 S102 0.15 0.97 021 17.44 1.90 5.09 0.04 0.03 0.18 traffic zone
0.10 0.87 0.10 2.61 1.68 3.18 2.60 0.16 1.11 0.14 10.47 2.18 483 2815 0.5 0.24 0.49
0.35 0.49 0.46 8.99 095  16.88 0.52 0.40 0.93 15.54 0.74 | 43.02 0.17 ~0.08 —0.21 !
046 036 080 1311 088 | 2737 5107 056 045 127 2152 089 | 39.89 0.10 0.09 0.01 traffic zone
0.15 0.34 0.28 2.93 0.44 527 . 0.28 0.75 0.30 5.18 063 10.06 0.13 0.41 ! 225 0.18 raffic zome
0.24 0.29 0.47 291 0.43 547 0.31 0.54 0.32 433 0.55 9.87 0.07 0.25 —0.15 1.41 0.12
0.27 0.42 0.18 6.28 114 13.65 0.36 0.59 0.23 6.40 146 2275 2638  0.09 0.16 0.04 0.11 0.31 —5.14 n
0.44 0.38 0.22 5139 0.44 0.47 0.28 7.72 139 | 2734 2622 —0.01 0.09 0.08 —0.22 0.23 —2.11 par
0.62 053 150 0.23 0.18 0.33 6.39 043 1277 1093 —227 —044  —020 _ —663  —070 2.92 —11.39 orested aren
0.33 0.40 0.28 0.25 0.16 0.33 6.69 041 1338 1141 —007 —0.24 0.05 —7366 —052 ~ —997 —19.52
G152 0.17 0.54 1.02 383 1.02 851 888  —202 —092  —079 —11676 —157 —2256 —4451 miscella
0.25 0.48 0.36 5.75 119 1173  17.02 —227 —042  —082 —157.34 —093 —2642 —463 neous
0.11 0.32 0.25 2.77 0.55 3.10 4.01 155 0.50 0.34 0.47 5.26 0.49 805 1639  0.39 0.02 0.22 248 —0.05 494 esidential area
0.11 0.37 0.30 327 0.73 2.56 2.32 0.58 0.36 0.52 5.65 050 1043 1654 046 —0.01 0.22 2.38 —0.23
0-05 0-5 0-05 0-10 0-10 _ 0-10 0-5 <A 0-05 0-5 0-05 0-10 0-10  0-10 0-5
05-1 510 053 1040 10-20 10-25 520 A<X<B 05-1 510 053 1040 10-20 10-25 520
12 1020  3-6  40-90 20-60 25-70  20-40 12 1020  3-6 40-90  20-60 25-70  20-40 I increase
90— 70— 70-
20-30  6-18 140 6090 jo 40-80 2030 6-18  90-140 6090  [o  40-80
140- 90- 150 80— 140- 90— 150- 80—
30-40 18-36 190 120 300 160 3040 18-36 190 120 300 160 decrease
40< 36< 190< 300<  160< 40< 190< 120<  300<  160<

Notes: “A”: background concentration, “B”: pollution limit, “C1”: first interventional limit, “C2”: second interventional limit, “C3”: third interventional limit based on the suggested limits for the method of
Lakanen-Ervio [54] by Kadar [55] for Hungarian soils. All concentrations are indicated in mg/kg.
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Zn(mgikg) () 0-5 () 5-20 @20-40 @ 40-80 @ 80-160 @ 160<
Land cover

I Continuous urban fabric, road and rail network [ Forest and wooded vegetation Arable land
N Discontinuous urban fabric, green urban fabric Grassland Vineyard, orchard, garden
Wetland I Open-water surface

Figure 4. Comparison of the spatial distribution of available Cu, Pb, and Zn results in selected sites
in 2011 vs. 2018 (EEA 2012, EEA 2018).
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Table 4. Toxic element enrichment of soil samples on selected sites classified by pollution limits.

Site Nr. Available Total Enrichment Factor
Cd Co Cr Cu Ni Pb Zn Cd Co Cr Cu Ni Pb Zn Cd Co Cr Cu Ni Pb Zn
S32 0.18 | 047 | 032 | 17.85 | 090 | 20.90 025 | 425 | 25.10 | 4222 | 1295 | 33.65 | 119.81 2 0 0 1 0 2
S35 044 | 091 | 020 | 346 | 1.01 | 1756 | 11.79 | 049 | 7.66 | 28.65 | 1558 | 14.05 | 4425 | 102.24 2 0 0 0 0 1
543 013 | 145 | 036 | 455 | 1.85 | 484 | 273 | 0.15 | 622 | 2894 | 1565 | 1733 | 9.87 | 41.30 1 0 0 0 0 0
S64 022 | 112 | 031 | 642 | 2.05 | 656 | 11.64 | 028 | 7.92 | 3818 | 24.70 | 21.36 | 1544 | 62.82 1 0 0 0 0 1
582 027 | 111 | 026 | 817 | 216 | 1131 | 970 | 033 | 816 | 35.79 | 27.99 | 22.13 | 21.32 | 68.03 1 0 0 0 0 1
S84 016 | 091 | 053 | 348 | 093 | 802 | 617 | 019 | 570 | 25.15 | 15.64 | 1435 | 15.12 | 4525 1 0 0 0 0 1
589 018 | 034 | 032 | 642 | 036 | 9.15 | 1267 | 0.18 | 3.86 | 1813 | 2379 | 994 | 1747 | 4755 1 0 0 1 0 1
599 062 | 043 | 043 | 1152 | 099 | 2592 | 3593 | 0.67 | 3.99 | 19.06 | 2797 | 12.35 | 33.49 | 94.44 0 0 1 0 2
S121 013 | 056 | 023 | 563 | 1.06 | 1237 | 797 | 016 | 555 | 25.19 | 19.45 | 1527 | 20.89 | 47.28 0 0 0 0 1
5139 036 | 059 | 023 | 640 | 146 | 2275 | 2638 | 057 | 467 | 2293 | 1957 | 11.97 | 3321 | 81.87 0 0 0 0 1
S145 025 | 1.08 | 042 | 413 | 149 | 991 93 029 | 721 | 3454 | 2210 | 22.84 | 1623 | 64.41 0 0 0 0 1
A> (())5—; 0-5 (?; 0-10 | 0-10 | 0-10 | 0-5 | 0-05 | 0-15 | 0-30 | 0-30 | 0-25 | 0-25 | 0-100 | <1 no enrichment
A<X<B 0'15‘ 5-10 0'35‘ 14%‘ 12%‘ 12%‘ 5-20 | 0.5-1 | 15-30 | 30-75 | 30-75 | 25-40 1285 12%%‘ <3 minor enrichment

10- 40— | 20- | 25- 30— 75— 75— 40- | 100- | 200- .

20 3-6 90 60 70 20-40 1-2 100 150 200 150 150 500 moderate enrichment

20— 90— | 60- | 70- 100- | 150- | 200- | 150- | 150- | 500- .

30 | 18] 140 | 90 | 150 | 080 25 200 | 400 300 | 200 500 | 1000 moderate enrichment

30- [ 18- [ 140~ [ 90- [ 150- [ 80~ | . o [ 200~ | 400- [ 300- [ 200~ | 500~ [ 1000- evere enrichment

40 36 190 | 120 | 300 160 300 800 400 250 600 | 2000

40< | 36< | 190< | 120< | 300< | 160< | 10< | 300< | 800< | 400< | 250< | 600< | 2000< very severe enrichment

Note: According to the risk substance concentration levels for pseudo-total fraction set forth in legislation [56,57], the term “A” (background concentration) indicates the typical particular substance reflected
under natural conditions in soil. The term “B” (background concentration) represents a risk substance, with due regard, in the case of groundwater, to the requirements of drinking quality and the aquatic
ecosystem and, in the case of the geological medium, to the full range of soil functions and the sensitivity of groundwater to pollution. The term “C” refers to the interventional pollution limit level.
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Table 5. EMI scores and soil microarthropod abundance (ind./m?), number of taxa, Shannon diversity, equitability, and QBS-ar index values (mean + SE) of the soil samples collected from

selected sites.

Microarthropod Site Nr.
Taxa (ENIE s32 s35 s43 S64 s82 S84 $89 $99 s121 s139 s145
Acari (20) 4415 (1103) 9122 (2450) 9392 (3212) 7130 (1460) 5141 (1419) 8500 (2507) 5519 (1219) 6644 (1600) 5563 (1844) 6781 (2260) 10,133 (2970)
Araneae (1-5) 33(19) 67 (51) 133 (69) 0(0) 0(0) 189 (89) 56 (40) 0(0) 0(0) 0(0) 78 (48)
Chilopoda (10) 0(0) 89 (73) 56 (40) 0(0) 22(11) 0(0) 33 (33) 44 (29) 0(0) 0(0) 89 (73)
C"(lfffot)era 33 (19) 56 (40) 78 (29) 56 (40) 0(0) 0 (0) 0 (0) 56 (40) 0 (0) 0 (0) 67 (40)
Collembola 822 (323 4
(120, (323) 085 (946) 4481 (1084) 3200 (869) 1626 (454) 2270 (679) 3019 (940) 1578 (551) 2578 (1039) 3544 (1126) 4526 (930)
Di(%‘iggfa 0(0) 0(0) 0(0) 0(0) 0(0) 0 (0) 0(0) 67 (33) 0 (0) 0(0) 78 (48)
Diplura (20) 0(0) 222 (142) 256 (78) 78 (48) 56 (40) 67 (38) 0(0) 156 (91) 0 (0) 89 (59) 44 (29)
He(rl‘ffg)e“ 122 (68) 0(0) 0 (0) 89 (72) 0(0) 133 (58) 0(0) 89 (40) 0(0) 0(0) 111 (48)
Hymgrjg)}’fefa 644 (367) 0(0) 111 (68) 522 (185) 944 (244) 722 (193) 211 (87) 0(0) 467 (168) 800 (150) 1089 (330)
Isopoda (10) 0(0) 56 (40) 44 (29) 0(0) 11(11) 44 (29) 0(0) 0(0) 0(0) 0(0) 56 (40)
Pauropoda (20) 0(0) 0(0) 89 (29) 67 (19) 0(0) 89 (56) 78 (56) 0(0) 0(0) 0(0) 56 (22)
Protura (20) 0(0) 0(0) 56 (11) 0(0) 0(0) 0(0) 0(0) 0(0) 0(0) 0(0) 122 (59)
Pse“d‘z;f)‘)’rpi"“ida 000 56 (29) 000 000 0(0) 00 0(0) 0(0) 0(0) 0(0) 144 (87)
Psocoptera (1) 0(0) 0(0) 0(0) 33(33) 0(0) 111 (62) 0(0) 0(0) 67 (38) 0(0) 0(0)
Symphyla (10) 0(0) 56 (40) 189 (172) 0(0) 78 (29) 0(0) 78 (48) 0(0) 56 (29) 0(0) 89 (48)
Thysanoptera (1) 0 (0) 22 (11) 0 (0) 0 (0) 0(0) 0 (0) 0 (0) 0(0) 0 (0) 89 (89) 0(0)
Coleoptera
arvas (10) 33 (33) 178 (40) 111 (44) 0(0) 0(0) 67 (67) 0(0) 122 (59) 0(0) 111 (44) 133 (51)
Diptera larvae (10) 167 (107) 56 (22) 356 (59) 244 (91) 89 (29) 0(0) 56 (40) 0(0) 111 (95) 144 (80) 22 (22)
Hymenoptera
larvae (10) 00 56 (56) 0(0) 0(0) 0(0) 0(0) 0(0) 0(0) 0(0) 0(0) 0(0)
Taxa richness 6.00 (1.15) 10.0 (0.58) 11.67 (0.88) 7.33 (0.67) 6.67 (0.67) 8.67 (0.33) 6.00 (0.58) 7.00 (0.58) 5.33 (0.88) 6.00 (0.58) 13.33 (0.33)
Shannon index 0.64 (0.21) 0.74 (0.11) 0.80 (0.05) 0.76 (0.09) 0.78 (0.04) 0.76 (0.13) 0.73 (0.07) 0.59 (0.15) 0.68 (0.08) 0.82 (0.05) 0.86 (0.10)
Pielou’s index 0.51(0.12) 0.40 (0.05) 0.43 (0.02) 0.49 (0.04) 0.53 (0.03) 0.47 (0.08) 0.49 (0.05) 0.38 (0.08) 0.52 (0.06) 0.57 (0.04) 0.45 (0.05)
QBS-ar index 61.0 (6.4) 125.7 (7.5) 153.3 (7.3) 92.7 (8.3) 88.3 (8.8) 95.3 (6.7) 77.0 (4.4) 94.3 (9.3) 59.0 (3.0) 78.7 (6.8) 162.7 (10.9)
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During the trace metal investigations, site 532 (traffic zone) showed moderate enrich-
ment of Pb and minor enrichment of Cd, Cu, and Zn. Moderate Cd and Pb enrichment
were also typical for site S99 (creek and lake bank) and 5139 (park). At these sites, extremely
high results were detected during the soil monitoring as well. In detail, Cd, Pb, and Zn
showed minor enrichment at almost every site. Cr, Co, and Ni enrichments were negligible.
The rank order of mobility for these elements was Pb > Cd > Zn > Cu = Cr = Ni = Co.

3.3. Soil Microarthropods

A total of 11,014 microarthropod specimens belonging to 19 different groups were
extracted from soil samples (Table 5). Cumulative taxa richness per site ranged from a
minimum of six (site S121) to a maximum of 16 at site S145, whereas total microarthro-
pod abundance ranged from a minimum of 5222 ind. m~2 at site S82 to a maximum of
21,789 ind. m~2 at site S145. Acari and Collembola appeared to be the two most abundant
taxa, representing 68.6% and 27.8% of the extracted microarthropods, respectively. Percent-
ages of the other groups were markedly lower, and with the exception of Hymenoptera
(Formicidae), none of them reached 1% of the total arthropod number. Among the mi-
croarthropod taxa, Acari and Collembola were ubiquitous; moreover, the frequency of
Diplura and Hymenoptera was considerably high.

The Shannon index indicated the highest diversity at site S145 and the lowest at
site 599. Pielou’s index suggested the highest evenness at site S139 and the lowest at
site 599. The values of the QBS-ar index varied within a wide range, from 51 to 176; the
lowest and highest were associated with sites S32 and 5145, respectively. Examining the
relationship between the indices calculated above and the soil physicochemical properties,
only Shannon diversity showed a significant correlation with Cu and Zn content (p < 0.05;
r = —0.66 and r = —0.62, respectively).

The CCA analysis explored a more detailed relationship between soil fauna and soil
environmental factors (Figure 5). The first two axes together explained 70.7% (46.3% and
24.4%, respectively) of the total variance in microarthropod taxa distribution. As the Monte
Carlo permutation test proved, eigenvalues of the first two canonical axes were significant
(p <0.01 and p < 0.05, respectively). The first axis of this data set mainly represents the
trace metals Pb, Cu, and Zn, and, furthermore, soil pH and organic matter content (SOM),
whereas the second axis is mainly governed by metals Cd, Co, and Ni. Along axis 1, the
dispersion of microarthropod taxa distinguished the more polluted plots and those less
affected by trace metal accumulation. Chilopoda, Diplura, Pauropoda, and Symphyla
appeared to be the most sensitive groups, projected on the negative side of axis 1. The
groups Pseudoscorpionida, Protura, Isopoda, and Collembola were more prevalent in less
polluted or moderately polluted soils. At the same time, Acari, Psocoptera, Hemiptera, and
Hymenoptera (Formicidae) were also present in considerable numbers in soils markedly
polluted by Pb, Zn, or Cu.
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Figure 5. Ordination biplot of canonical correspondence analysis (CCA) of soil physical and chemical properties and soil
microarthropod taxa (dots). Triangles represent the sampling sites (for site numbers, see Figure 1).

4. Discussion
4.1. Evaluation of Soil Analysis

Despite the heterogeneity of the city, the comparison of soil properties was difficult.
However, similarities and frequencies can be detected by performing measurements. The
impact of geological processes can be demonstrated with bedrock, which is related to the
spatiality of urbanized areas. In the case of Székesfehérvdr, the acidic parent material—
granite—of the Velence Mountains affected the peripheral areas of the northeastern part.
However, soils of the urbanized areas were influenced not only by the mountains’ acidic
forest soils but also by sediments and deposits as a result of geological soil formation and
transformed by anthropogenic activities. Therefore, soil pH was generally slightly alkaline
in both years; hence, high trace metal concentrations were not characteristic. Stream
deposits cover the suburban and urban sites located in the Mez6f6ld, the sediment of
which has a watery pH that is slightly alkaline (pHppo 7.9-8.1). Thus, the results of the
settlement were similar to values found in the city of Sopron at about pH 8.0 [37]. The
arable lands of Székesfehérvar are still under cultivation throughout the suburbs of the
city. The use of fertilizers or pesticides is typical [67,68]. Based on pH results of 2011
versus 2018, a small decreasing tendency was detected. The decrease in average pHmo0
values means that a soil acidification process was already apparent in the area. However,
the earlier average of 0.42 increased to 0.48. A value of 0.8 was barely measured over a
span of seven years but, currently, a value of 0.9 shows an increase in susceptibility to soil
acidification. Alkalinity of soil impedes the mobility of anthropogenic contaminants in

18



Minerals 2021, 11, 704

urban soils because pollutants tend to bind within this range; therefore, they cannot leach
into lower soil layers or water bases. However, if this acidification tendency continues,
pollutants will become more mobile.

Consequently, CaCOj content was high in samples due to geological conditions. De-
spite the significant increase in the skeleton percentage—debris, artefacts, and construction
waste—lime content was lower in 2018 than it was in 2011. The city was a coronation and
burial place for Hungarian kings in the Middle Ages. The building materials originate
from the nearby mountains (e.g., limestone, dolomite, granite). However, the highest
concentrations of CaCO3 were found in creek and lake banks. The reason for this is Gaja
Brook, which flows through the city area. The catchment area of the Gaja is located in the
karstic, limestone—dolomite-marlic Bakony Mountains. The brook drains off the excess
water until reaching Székesfehérvar. Soil texture in Székesfehérvar is quite varied, which
may be due to the different types of deposits and the characteristics of the Mez&fold.
Between the soil samples, loam, clay loam, and sandy loam were typical in both layers
in both years. The soils around the city are suitable for agricultural cultivation because
of favorable climatic conditions in the area. The presence of sand is attributed to to the
origin of the soils, while the rivers and streams that were active in the lower and middle
Pleistocene deposited Pannonian clay sediments in the area [42], and loess was deposited
as well. The other reason is that sand is a popular filler and is often mixed into the soil in
the course of construction and renovation projects. These characteristics were typical in the
city of Szombathely as well [37].

The increasing environmental risk of a particular toxin is demonstrated by amounts
exceeding pollution limits. The available Co, Cr, and Ni contents were negligible in the
investigated topsoil layer. Based on Li et al. [69], plants can accumulate small amounts of
Co, Co, or Ni that do not bind to humus [70]; therefore, these two mobile elements appear
in deeper layers near the parent material. The city is located in Hungary’s most significant
geochemical region where the covered sediment of streams made excellent arable lands,
and most of the elements can enter into the soil with fertilizers and pesticides, Cd?%*, Cu?,
Pb2*) [71]. According to previous studies [72], Cu and Cd deposition on the surface of the
soil was mainly due to vehicle corrosion, tire wear, or air pollution. Cd accumulation was
found near the M7 motorway, and extremes also appeared in the southern part of the city,
where busy road traffic is typical. According to Meuser [73], heavy metal concentration
decreases with distance from roads and with soil depth. It is estimated that about 10%
of the lead released is deposited within 100 m [74]. In Székesfehérvar, Cu values did
not exceed the pollution limit (40 mg Cu/kg), but extreme limit excesses (e.g., 408 mg
Cu/kg) were more characteristic in 2011. The extremely high results were detected in an
industrial zone and in a grassland site in the suburb. The mentioned areas are located next
to viticulture areas and arable lands where pesticide use is already characteristic.

Pb is only slightly mobile in alkaline soils, and it binds to clay mineral or humic
substances. In the acidic soils of the suburban areas, the mobility of Pb increased similarly
to Cd, where low contamination already carried risks for the environment. Previously,
the greatest source of Pb was fuel, but the use of leaded fuel was banned in the 1990s.
In addition, lead-rich paints were used previously to treat buildings externally, with the
aging and dusting of soils in the nearby soils, which resulted in several studies in the
1980s (e.g., [75]). Many houses contain lead-rich paint in Hungary, even today. The city
experienced an expansion period in 2011, but the expected population and economic
growth experienced then has stagnated today. In addition to migration into cities, labor
migration has emerged as a new factor in recent years. Samples taken alongside busy
roads, especially in the city center, were contaminated with Pb due to the continuous traffic.
Only a small part of the Zn compounds originated from traffic and transport. Zn and its
compounds are a constant accompaniment to anthropogenic effects because the element
exists in many household, industrial, and agricultural materials [73].

The comparison of results is difficult because other authors have analyzed total
element content in general. Therefore, the results of Székesfehérvar were compared
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to trace metal contents of Sopron and Szombathely, which were measured by the au-
thors. Székesfehérvar is clearly more contaminated with Cd (2011: 0.33 mg Cd/kg on
average, 2018: 0.26 mg Cd/kg on average), Co (2011: 0.76 mg Co/kg on average, 2018:
0.87 mg Co/kg on average), Cr (2011: 0.31 mg Cr/kg on average, 2018: 0.34 mg Cr/kg
on average), Cu 2011: 17.00 mg Cu/kg on average, 2018: 6.38 mg Cu/kg on average), Ni
(2011: 1.31 mg Ni/kg on average, 2018: 1.42 mg Ni/kg on average), Pb (2011: 13.01 mg
Pb/kg on average, 2018: 11.98 mg Pb/kg on average), and Zn (2011: 19.07 mg Zn/kg
on average, 2018: 15.70 mg Zn/kg on average) by mean values. Both cities (Sopron and
Szombathely) are characterized by more green areas and fewer industrial zones (only 2-2
industrial parks due to city locations). The diverse industrial structure of Székesfehérvar is
provided by nearly 12,000 companies operating in the city. Among the largest companies,
the most significant processors of the Hungarian aluminum industry must also be men-
tioned. Sectors represented in the settlement include: materials technology, mechatronics,
machine/component manufacturing, electronics, informatics, and the food industry. In
contrast, Sopron and Szombathely can be characterized by light industrial activities and
tourism. In Szombathely, the Cu values did not exceed the pollution limit (40 mg Cu/kg),
but extreme limit excesses (e.g., 130 Cu mg/kg) were characteristic in viticulture and
garden areas of Sopron. Pb pollution was higher in Sopron soils than in Szombathely soils,
but Pb accumulation was characteristic in the eastern part of Szombathely, where intense
industrial and transportation activities occurred. Based on the results of the suburban sites,
the Zn results were higher in the urban area of Szombathely, where intensive agricultural
activity is still an ongoing process [37]. In other Hungarian contexts, trace metals in green
fields were measured in Szeged, which proved to be less contaminated with Cd (0.21 mg
Cd/kg on average) and Zn (14.49 mg Zn/kg) [76].

4.2. Soil Microarthropods and Soil Biological Quality

Urban soils can be considered a sink for pollutants, including trace metals [77,78].
Pollution can affect soil organisms directly and indirectly. Soil microarthropods come
into direct contact with contaminants through their consumed food [79]. In urban soils
polluted with trace metals, toxicity for soil-inhabiting animals is mainly related to pollutant
concentration in the pore water [80-83]. However, the total concentrations of heavy
metals linked to the soil solid phase might also contribute to contaminant uptake by
specific groups of soil microarthropods [84,85]. The studied microarthropod groups have
specialized morpho-physiological systems for absorbing water, like the water-conducting
system unique to Isopoda; the rectal uptake systems in Diplopoda; the ventral tube in
Collembola; or the eversible bladders in Diplura, Pauropoda, Protura, Symphyla, and
Thysanura [79,86]. Indirect toxic effects of urban soil contamination may also be related to
changes in food resources and food webs or to the physical changes in habitats [22,79,84].
A decrease in the number of microbial populations or the quantity of fungal hyphae as a
response to soil contamination can change Collembola communities by affecting groups
feeding on soil fungi and bacteria [87]. The hyphae of fungi may accumulate extremely high
metal concentrations in urban environments [88-90]; consequently, fungi are an important
route for food chain transfer of metals through their consumers, such as Collembola, all the
way through to their predators, e.g., specific groups of Pseudoscorpionida, Araneae, Acari,
and Coleoptera [91].

In our study, the soil of the sites sampled differed widely both in microarthropod
abundance and taxa richness. Although we found the highest total abundance in a less
polluted site (5145), no correlation was observed with soil trace metal content, suggesting
that total abundance is an unsuitable characteristic for assaying metal pollution [92,93].
Certain species or groups that are more tolerant to trace metal pollution can benefit from
the disappearance or abundance decrease in less tolerant sensitive taxa, compensating or
even over-compensating the number of individuals [94]. The two ubiquitous taxa, Acari
and Collembola, occurred in relatively high numbers in all samples and are, therefore,
unsuitable indicators of soil condition differences at the group level [19,95]. Acari represent

20



Minerals 2021, 11, 704

a major arthropod group, the one found to be the most abundant in every site. Though
metal pollution can negatively affect the abundance and composition of mite communi-
ties (e.g., [96-98]), the discovered mite communities proved quite tolerant to trace metal
pollution. From the mentioned ubiquitous taxa, Collembola showed higher variation in
abundance among the studied sites and, as the CCA ordination revealed, showed slight
sensitivity to the content of certain available trace metals (Cu, Zn, and Pb). However, for a
more accurate evaluation, the necessity of species-level analyses cannot be neglected [22,23].
On the other hand, the behavior of rare microarthropod groups can provide useful informa-
tion on soil condition and health even at a higher taxonomic level [19,93]. According to our
results, Symphyla, Pauropoda, Chilopoda, and Diplura appeared to be the most sensitive
groups. However, Protura, Isopoda, and Pseudoscorpionida also showed avoidance of
soils with higher concentrations of Cu, Zn, and Pb. Nevertheless, available information
concerning the metal tolerance of the mentioned groups is limited. In agreement with our
results, some authors [93,99] observed a decrease in Symphyla abundance in trace metal-
contaminated soils, while other studies [19,100] found this group rather tolerant to metals.
In sound agreement with our results, Protura appeared to be particularly sensitive to metals
in a lead-polluted area [101]. With regard to Isopoda, several authors (e.g., [102,103]) noted
that the absence or decreased abundance of this group is mainly related to the increased
content of Zn. Our findings also support this. On the other hand, it is worth noting that
isopods are capable of accumulating heavy metals [104,105] and can, therefore, also occur
with considerable abundance in urban environments [19]. Bogy© et al. [106] reported on the
significant impact of urbanization on Diplopoda communities. Diplopoda were sampled in
only two sites in Székesfehérvar, although one of them (site S99) presented relatively high
Pb, Cu, and Zn concentrations. Hymenoptera, mainly represented by Formicidae, which
show relatively high tolerance to metal pollution, occurred in all sampling sites except
two. Similar results were obtained by McIntyre et al. [95] and Eeva et al. [107]. By contrast,
Santorufo et al. [19] found Formicidae to be sensitive to metal contamination in their study;,
which was executed in a Mediterranean city.

The diversity measurement (Shannon index) used showed low taxa diversity in two
sites with higher available Cu, Zn, and Pb concentrations, but the opposite (relatively
high diversity in a polluted site) was also observed. As several authors emphasized, no
evident relationship between diversity and trace metal contamination exists; therefore,
diversity measurement indices should be applied with caution when evaluating pollu-
tion [19,105,108].

The advantage of the QBS approach lies in taking into account the functional role and
adaptation level of organisms of different trophic levels, which makes it a useful method to
evaluate soil degradation [64]. The QBS-ar indexes obtained showed high variation among
the studied sites, with the highest values associated with less-polluted soils. Usually, a
more stable soil environment is characterized by QBS-ar values between 100 and 200 [109].
The higher values in the central area of the city (sites S35 and 5145) might indicate isolated
habitat remnants of favorable conditions where soil organisms are able to tolerate a greater
degree of urban development and pollution [18].

5. Conclusions

Székesfehérvar is surrounded by agricultural lands; thus, toxic elements also possibly
exist in the suburbs due to fertilization. The city has several busy roads. Consequently,
large amounts of Pb, Zn, Cu, and Cd are expected in the traffic zones and green spaces. In
addition, the M7 motorway passes through the township from the south side. Therefore, an
extremely high trace metal occurrence was expected. The soils were mostly alkaline; hence,
high CaCOj3; was typical. Available toxic elements (Cd, Co, Cu, Ni, Pb, and Zn) showed
extremes in the case of Cu (value: 408 mg Cu/kg, interventional pollution limit C1 > 90 mg
Cu/kg) and Zn (value: 47.54 mg/kg, interventional pollution limit C1 > 40 mg Cu/kg).
Based on these previous findings, sharp increases were expected between the samples
of 2011 and 2018. In 2018, samples taken alongside busy roads—especially near the M7
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motorway or other busy roads—were contaminated with Zn and exceeded the “C1” limit
(>40 mg Zn/kg) and “C2” limit (>80 mg Zn/kg). The Pb concentration decreased slightly
towards the peripheral areas in the southern part of the city. Near the M7 motorway, the
most polluted sites were detected, and moderate enrichment was calculated. In addition,
the trace metal content of green areas definitely increased. Evaluation of soil biological
quality showed that soil biota has clear responses to the degree of trace metal pollution
in urban environments. Sites characterized by high metal concentrations are usually
associated with lower diversity and QBS-ar values. Important groups such as Symphyla,
Protura, Pauropoda, and Chilopoda were completely absent from the most polluted sites.
Nevertheless, higher QBS-ar values were also obtained in a few city center sites, indicating
stable soil ecosystems.

The novelty of the present study is the fact that not only chemical but also biological
surveys and thus a more complex evaluation were performed. There was a demonstrable
correlation between specific chemical parameters and soil microarthropod groups. Analy-
ses complemented with biological indices related to, e.g., aquatic macroinvertebrate and
soil mesofauna communities can detect all prominent anthropogenic influences in the urban
environment. The close relationship between biological and chemical properties suggests
the necessity of similar soil biological monitoring in the future in urban environments.

In summary, our results have shown that soils were generally more polluted in 2011.
Currently, Székesfehérvar is a livable urban environment, one which is still being formed,
but is developing in a suitable way.

Author Contributions: Conceptualization, A.H., A.B., and D.W.; methodology, A.H. and D.W.;
software, P.B.; validation, Z.G., PK,, and R.S.; formal analysis, D.W.,; investigation, B.B.-V., A.H., and
D.W.,; resources, P.C.; data curation, PK.; writing—original draft preparation, A.H. and D.W.; writing—
review and editing, A.H. and D.W.; visualization, P.B.; supervision, A.B.; project administration,
A.H.; funding acquisition, A.B. All authors have read and agreed to the published version of
the manuscript.

Funding: This article was written in the framework of the “EFOP-3.6.1-16-2016-00018—Improving the
role of research+development+innovation in the higher education through institutional developments
assisting intelligent specialization in Sopron and Szombathely”.

Acknowledgments: Special thanks to Tamdas Hofmann, Frank Berger, and all of the project contributors.

Conflicts of Interest: The authors declare no conflict of interest. The funders had no role in the design
of the study; in the collection, analyses, or interpretation of data; in the writing of the manuscript, or
in the decision to publish the results.

References

1. Zinicovscaia, I.; Ani¢i¢ UroSevi¢, M.; Vergel, K.; Vieru, E.; Frontasyeva, M.V.; Povar, I.; Duca, G. Active moss biomonitoring of
trace elements air pollution in Chisinau, Republic of Moldova. Ecol. Chem. Eng. S 2018, 25, 361-372. [CrossRef]

2. Cai, K, Li, C. Street dust heavy metal pollution source apportionment and sustainable management in a typical city—Shijiazhuang,
China. Int. |. Environ. Res. Public Health 2019, 16, 2625. [CrossRef]

3. Liu,D;Li, Y; Ma,],; Li, C.; Chen, X. Heavy metal pollution in urban soil from 1994 to 2012 in Kaifeng city, China. Water Air Soil
Pollut. 2016, 227, 154. [CrossRef]

4. Bezuglova, O.S.; Tagiverdiev, S.S.; Gorbov, S.N. Physical properties of urban soils in Rostov agglomeration. Eurasian Soil Sci. 2018,
51,1105-1110. [CrossRef]

5. Cipullo, S.; Snapir, B.; Tardif, S.; Campo, P.; Prpich, G.; Coulon, F. Insights into mixed contaminants interactions and its implication
for heavy metals and metalloids mobility, bioavailability and risk assessment. Sci. Total Environ. 2018, 645, 662-673. [CrossRef]

6.  Eghbal, N.; Nasrabadi, T.; Karbassi, A.R.; Taghavi, L. Investigating the pattern of soil metallic pollution in urban areas (case study:
A district in Tehran city). Int. ]. Environ. Sci. Technol. 2019, 16, 6717-6726. [CrossRef]

7. Tume, P.; Gonzalez, E.; King, R W.; Monsalve, V.; Roca, N.; Bech, J. Spatial distribution of potentially harmful elements in urban
soils, city of Talcahuano, Chile. J. Geochem. Explor. 2018, 184, 333-344. [CrossRef]

8. O'Riordan, R; Davies, J.; Stevens, C.; Quinton, J.N.; Boyko, C. The ecosystem services of urban soils: A review. Geoderma 2021,
395, 115076. [CrossRef]

9. Adimalla, N.; Qian, H.; Wang, H. Assessment of heavy metal (HM) contamination in agricultural soil lands in northern Telangana,

India: An approach of spatial distribution and multivariate statistical analysis. Environ. Monit. Assess. 2019, 191, 246. [CrossRef]

22



Minerals 2021, 11, 704

10.

11.

12.

13.

14.

15.

16.

17.

18.
19.

20.

21.

22.

23.

24.

25.

26.

27.

28.
29.

30.

31.

32.

33.

34.

35.

36.

37.

38.

39.

Ciupa, T.; Suligowski, R.; Koztowski, R. Trace metals in surface soils under different land uses in Kielce city, south-central Poland.
Environ. Earth Sci. 2020, 79, 14. [CrossRef]

Novak, T.J.; Balla, D.; Kamp, J. Changes in anthropogenic influence on soils across Europe 1990-2018. Appl. Geogr. 2020, 124,
102294. [CrossRef]

Tume, P.; Acevedo, V.; Roca, N.; Ferraro, FX.; Bech, J. Potentially toxic elements concentrations in schoolyard soils in the city of
Coronel, Chile. Environ. Geochem. Health 2021. [CrossRef]

Konstantinova, E.; Minkina, T.; Sushkova, S.; Konstantinov, A.; Rajput, V.D.; Sherstnev, A. Urban soil geochemistry of an
intensively developing Siberian city: A case study of Tyumen, Russia. J. Environ. Manag. 2019, 239, 366-375. [CrossRef]
Wieczorek, K.; Turek, A.; Szczesio, M.; Wolf, WM. Comprehensive Evaluation of Metal Pollution in Urban Soils of a Post-Industrial
City—A Case of L6dz, Poland. Molecules 2020, 25, 4350. [CrossRef] [PubMed]

Zhou, W,; Yang, K ; Bai, Z.; Cheng, H.; Liu, F. The development of topsoil properties under different reclaimed land uses in the
Pingshuo opencast coalmine of Loess Plateau of China. Ecol. Eng. 2017, 100, 237-245. [CrossRef]

Romzaykina, O.N.; Vasenev, V.I; Khakimova, R.R.; Hajiaghayeva, R.; Stoorvogel, J.].; Dovletyarova, E.A. Spatial variability of soil
properties in the urban park before and after reconstruction. Soil Environ. 2017, 36, 155-165. [CrossRef]

Gabarrén, M.; Zornoza, R.; Martinez-Martinez, S.; Mufioz, V.A.; Faz, A.; Acosta, J.A. Effect of land use and soil properties in the
feasibility of two sequential extraction procedures for metals fractionation. Chemosphere 2019, 216, 266—272. [CrossRef] [PubMed]
McIntyre, N.E. Ecology of urban arthropods: A review and a call to action. Ann. Entomol. Soc. Am. 2000, 93, 825-835. [CrossRef]
Santorufo, L.; Van Gestel, C.A.M.; Rocco, A.; Maisto, G. Soil invertebrates as bioindicators of urban soil quality. Environ. Pollut.
2012, 161, 57-63. [CrossRef] [PubMed]

Jouquet, P; Dauber, J.; Lagerlof, ].; Lavelle, ].P.; Lepage, M. Soil invertebrates as ecosystem engineers: Intended and accidental
effects on soil and feedback loops. Appl. Soil Ecol. 2006, 32, 153—-164. [CrossRef]

Lavelle, P.; Decaens, T.; Aubert, M.; Barot, S.; Blouin, M.; Bureau, F.; Margerie, P.; Mora, P.; Rossi, ].P. Soil invertebrates and
ecosystem services. Eur. ]. Soil Biol. 2006, 42, 3-15. [CrossRef]

Van Straalen, N.M. The Use of Soil Invertebrates in Ecological Surveys of Contaminated Soils. In Developments in Soil Science;
Doelman, P, Eijsackers, H.].P.,, Eds.; Elsevier: Amsterdam, The Netherlands, 2004; pp. 159-195. [CrossRef]

Sterzyriska, M.; Nicia, P.; Zadrozny, P; Fiera, C.; Shrubovych, ].; Ulrich, W. Urban springtail species richness decreases with
increasing air pollution. Ecol. Indic. 2018, 94, 328-335. [CrossRef]

Stamou, G.P.; Argyropoulou, M.D. A preliminary study on the effect of Cu, Pb and Zn contamination of soils on community
structure and certain life-history traits of oribatids from urban areas. Exp. Appl. Acarol. 1995, 19, 381-390. [CrossRef]
Eitminaviciute, I. Microarthropod communities in anthropogenic urban soils. 1. Structure of microarthropod complexes in soils
of roadside lawns. Entomol. Rev. 2006, 86 (Suppl. S2), S128-5135. [CrossRef]

Fiera, C. Preliminary data on the species diversity of Collembola (Hexapoda, Collembola) along an urban gradient in Bucharest.
Trav. Mus. Natl. Hist. Nat. Grigore Antipa 2008, 51, 363-367.

Santorufo, L.; Cortet, J.; Arena, C.; Goudon, R.; Rakoto, A.; Morel, J.-L.; Maisto, G. An assessment of the influence of the urban environment
on collembolan communities in soils using taxonomy- and trait-based approaches. Appl. Soil Ecol. 2014, 78, 48-56. [CrossRef]

Menta, C.; Remelli, S. Soil Health and Arthropods: From Complex System to Worthwhile Investigation. Insects 2020, 11, 54. [CrossRef]
Zhang, W.; Han, ].; Molla, A.; Zuo, S.; Ren, Y. The Optimization Strategy of the Existing Urban Green Space Soil Monitoring
System in Shanghai, China. Int. |. Environ. Res. Public Health 2021, 18, 4820. [CrossRef]

Huot, H.; Joyner, J.; Cérdoba, A.; Shaw, R.K.; Wilson, M.A.; Walker, R.; Muth, T.R.; Cheng, Z. Characterizing urban soils in New
York City: Profile properties and bacterial communities. J. Soils Sediments 2017, 17, 393—-407. [CrossRef]

Da Silva Ferreira, M.; Fontes, M.P.E; Pacheco, A.A.; Ker, ].C.; Lima, H.N. Health risks of potentially toxic trace elements in urban
soils of Manaus city, Amazon, Brazil. Environ. Geochem. Health 2021. [CrossRef]

Silva, M.M.V.G.; Carvalho, P.C.S.; Anténio, A.; Luis, A.C.M. Geochemistry of leptosols and fluvisols in the fast growing city of
Benguela (Angola) and assessment of potential risks. Geoderma Reg. 2020, 20, e00257. [CrossRef]

Hindersmann, B.; Forster, A.; Achten, C. Novel and specific source identification of PAH in urban soils: Alk-PAH-BPCA index
and “V”-shape distribution pattern. Environ. Pollut. 2020, 257. [CrossRef] [PubMed]

Fazeli, G.; Karbassi, A.; Khoramnejadian, S.; Nasrabadi, T. Evaluation of Urban Soil Pollution: A Combined Approach of Toxic
Metals and Polycyclic Aromatic Hydrocarbons (PAHs). Int. |. Environ. Res. 2019, 13, 801-811. [CrossRef]

Zhang, Y.; Chen, Q. Contents of heavy metals in urban parks and university campuses. IOP Conf. Ser. Earth Environ. Sci. 2018,
108, 42060. [CrossRef]

Cheng, H.; Li, L.; Zhao, C.; Li, K; Peng, M.; Qin, A.; Cheng, X. Overview of trace metals in the urban soil of 31 metropolises in
China. J. Geochem. Explor. 2014, 139, 31-52. [CrossRef]

Horvath, A ; Kalicz, P; Farsang, A.; Balazs, P; Berki, I.; Bidl6, A. Influence of human impacts on trace metal accumulation in soils
of two Hungarian cities. Sci. Total Environ. 2018, 637-638, 1197-1208. [CrossRef]

Szita, R.; Horvath, A.; Winkler, D.; Kalicz, P.; Gribovszki, Z.; Csaki, P. A complex urban ecological investigation in a mid-sized
Hungarian city—SITE assessment and monitoring of a liveable urban area, PART 1: Water quality measurement. . Environ.
Manag. 2019, 247, 78-87. [CrossRef] [PubMed]

Dovényi, Z. (Ed.) Microregions of Hungary; Hungarian Academy of Science: Budapest, Hungary, 2010. (In Hungarian)

23



Minerals 2021, 11, 704

40.

41.
42.

43.

44.

45.
46.

47.

48.

49.

50.

51.

52.

53.

54.

55.

56.

57.

58.
59.
60.
61.
62.
63.
64.
65.
66.
67.
68.
69.

70.

IUSS Working Group WRB. World Reference Base for Soil Resources 2006; First update 2007; World Soil Resources Reports No. 103;
FAO: Rome, Italy, 2014.

Novak, T.]. Soil Practicum; Meridian Alapitvany: Debrecen, Hungary, 2013. (In Hungarian)

Farkas, G. (Ed.) Handbook of Fejér Country. Country Handbooks of Hungary;, Ceba Publisher: Budapest, Hungary, 1997.
(In Hungarian)

Horvath, A.; Szfics, P.; Bidlo, A. Soil condition and pollution in urban soils: Evaluation of the soil quality in a Hungarian town.
J. Soils Sediments 2015, 15, 1825-1835. [CrossRef]

Horvath, A,; Szita, R.; Bidlo, A.; Gribovszki, Z. Changes in soil and sediment properties due the impact of the urban environment.
Environ. Earth Sci. 2016, 75, 1211. [CrossRef]

Van Reeuwijk, L.P. (Ed.) Procedures for Soil Analysis, 6th ed.; Technical Paper 9; ISRIC: Wageningen, The Netherlands, 2002.
Hungarian Standard MSZ-08-0205. Determination of soil pH, Total Salinity and CaCO3 Content; Hungarian Standard Association:
Budapest, Hungary, 1978. (In Hungarian)

Hungarian Standard MSZ-08-0206. Determination of Particle Size Distribution of Soils; Hungarian Standard Association: Budapest,
Hungary, 1978. (In Hungarian)

FAO. Guidelines for Soil Description, 3rd ed.; Soil Resources, Management and Conservation Service, Land and Water Development
Division; FAO: Rome, Italy, 1990.

Hungarian Standard MSZ-08-0452. Determination of Humus Content in Soils; Hungarian Standard Association: Budapest, Hungary,
1980. (In Hungarian)

Hungarian Standard MSZ-EN-16169. Determination of Total Nitrogen Content in Soils; Hungarian Standard Association: Budapest,
Hungary, 2013. (In Hungarian)

Hungarian Standard MSZ-20135. Determination of the Soluble Nutrient Element Content of the Soil; Hungarian Standard Association:
Budapest, Hungary, 1999. (In Hungarian)

Hungarian Standard MSZ 21470-50. Environmental Testing of Soils. Determination of Total and Soluble Toxic Element, Heavy Metal and
Chromium (VI) Content; Hungarian Standard Association: Budapest, Hungary, 2006. (In Hungarian)

Menta, C.; Conti, ED.; Pinto, S. Microarthropods biodiversity in natural, seminatural and cultivated soils—QBS-ar approach.
Appl. Soil Ecol. 2018, 123, 740-743. [CrossRef]

Lakanen, E.; Ervio, R. A comparison of eight extractants for the determination of plant available micronutrients in soil. Acta Agr.
Fenn. 1971, 123, 223-232.

Kédar, I. Remediation Handbook 2. Investigation of Contaminated Soils; Ministry of Environment: Budapest, Hungary, 1998.
(In Hungarian)

Joint Decree No. 10/2000. (VI. 2) KéM-EiiM-FVM-KHVM of the Ministers of Environmental Protection, Public Health, Agriculture
and Regional Development, and of Traffic, Communication and Water Management on the Limit Values Necessary to Protect the Quality of
Grounduwater and the Geological Medium; Hungarian Government: Budapest, Hungary, 2000. (In Hungarian)

Joint Decree No. 6/2009. (IV. 14) KvVM-EiiM-FVM of the Ministers of Environmental Protection and Water Management, Public Health,
Agriculture and Regional Development on the Limit Values Necessary to Protect the Quality of Geological Medium and the Groundwater and
on Measurement of Pollution; Hungarian Government: Budapest, Hungary, 2009. (In Hungarian)

Sterckeman, T.; Douay, F; Baize, D.; Fourrier, H.; Proix, N.; Schvartz, C. Trace elements in soils developed in sedimentary
materials from Northern France. Geoderma 2006, 136, 912-929. [CrossRef]

Kabata-Pendias, A.; Pendias, H. Trace Elements in Soils and Plants, 3rd ed.; CRC Press: Boca Raton, FL,, USA, 2001.

Taylor, S.R.; McLennan, S.M. The geochemical evolution of the continental crust. Rev. Geophys. 1995, 33, 241-265. [CrossRef]
Facchinelli, A.; Sacchi, E.; Mallen, L. Multivariate statistical and GIS-based approach to identify heavy metal sources in soils.
Environ. Pollut. 2001, 114, 313-324. [CrossRef]

Shannon, C.E.; Weaver, W. The Mathematical Theory of Communication; University of Illionis Press: Urbana, IL, USA, 1949.
Pielou, E.C. The measurement of diversity in different types of biological collections. J. Theor. Biol. 1966, 13, 131-144. [CrossRef]
Parisi, V.; Menta, C.; Gardi, C.; Jacomini, C.; Mozzanica, E. Microarthropod communities as a tool to assess soil quality and
biodiversity: A new approach in Italy. Agric. Ecosyst. Environ. 2005, 105, 323-333. [CrossRef]

Ter Braak, C.J.E; Smilauer, P. CANOCO Reference Manual and Canodraw for Windows User’s Guide: Software for Canonical Community
Ordination; Version 4.5; Microcomputer Power: Ithaca, NY, USA, 2002.

Tume, P.; Gonzalez, E.; King, R W.; Cuitifio, L.; Roca, N.; Bech, ]. Distinguishing between natural and anthropogenic sources for
potentially toxic elements in urban soils of Talcahuano, Chile. J. Soils Sediments 2018, 18, 2335-2349. [CrossRef]

Rékasi, M.; Filep, T. Factors determining Cd, Co, Cr, Cu, Ni, Mn, Pb and Zn mobility in uncontaminated arable and forest surface
soils in Hungary. Environ. Earth Sci. 2015, 74, 6805-6817. [CrossRef]

Wang, H.; Marshall, CW.; Cheng, M.; Xu, H.; Li, H.; Yang, X.; Zheng, T. Changes in land use driven by urbanization impact
nitrogen cycling and the microbial community composition in soils. Sci. Rep. 2017, 7, 44049. [CrossRef] [PubMed]

Li, H.E; Gray, C.; Mico, C.; Zhao, FJ.; McGrath, S.P. Phytotoxicity and bioavailability of cobalt to plants in a range of soils.
Chemosphere 2009, 75, 979-986. [CrossRef]

Gonzélez-Costa, ].J.; Reigosa, M.].; Matias, ] M.; Fernandez-Covelo, E. Analysis of the Importance of Oxides and Clays in Cd, Cr,
Cu, Ni, Pb and Zn Adsorption and Retention with Regression Trees. PLoS ONE 2017, 12, e0168523. [CrossRef]

24



Minerals 2021, 11, 704

71.

72.

73.
74.

75.

76.

77.

78.

79.
80.

81.

82.

83.

84.
85.

86.

87.

88.

89.

90.

91.

92.
93.

94.

95.

96.
97.

98.

99.

100.

101.

Odor, L.; Horvath, I. Element distribution and environmental conditions in geochemical mapping. In Material Flows and Their
Impact on Nature; Panto, G., Ed.; Hungarian Academy of Sciences: Budapest, Hungary, 2003; pp. 151-188. (In Hungarian)
Napier, F.; D’Arcy, B.; Jefferies, C. A review of vehicle related metals and polycyclic aromatic hydrocarbons in the UK environment.
Desalination 2008, 226, 143-150. [CrossRef]

Meuser, H. Contaminated Urban Soils; Springer: Dordrecht, The Netherlands, 2010.

Thorton, I. Metal contamination of soils in urban areas. In Soils in the Urban Environment; Bullock, P., Gregory, P]., Eds.; Blackwell:
Oxford, UK, 1991.

Chaney, R.L.; Sterret, S.B.; Mielke, H.W. The potential for heavy metal exposure from urban gardens and soils. In Proceedings of the
Symposium on Heavy Metal in Urban Gardens; Preer, ].R., Ed.; University of the District of Columbia Extension Service: Washington,
DC, USA, 1984; pp. 37-84.

Farsang, A.; Puskas, I. Characteristics of soils in urban ecosystems—A Complex analysis of soils in Szeged. Foldr. Koz. 2009, 133,
397-409. (In Hungarian)

Biasioli, M.; Barberis, R.; Ajmone-Marsan, F. The influence of a large city on some soil properties and metals content. Sci. Total
Environ. 2006, 356, 154-164. [CrossRef]

Guagliardi, I; Cicchella, D.; De Rosa, R.; Buttafuoco, G. Assessment of lead pollution in topsoils of a southern Italy area: Analysis
of urban and peri-urban environment. J. Environ. Sci. 2015, 33, 179-187. [CrossRef]

Rusek, J.; Marshall, V.G. Impacts of airborne pollutants on soil fauna. Ann. Rev. Ecol. Syst. 2000, 31, 395-423. [CrossRef]

Smit, C.E.; van Gestel, C.A.M. Effects of soil type, prepercolation, and ageing on bioaccumulation and toxicity of zinc for the
springtail Folsomia candida. Environ. Toxicol. Chem. 1998, 17, 1132-1141. [CrossRef]

Martikainen, E.A.T.; Krogh, PH. Effects of soil organic matter content and temperature on toxicity of dimethoate to Folsomia
fimetaria (Collembola: Isotomiidae). Environ. Toxicol. Chemn. 1999, 18, 865-872. [CrossRef]

Lock, K.; Janssens, E,; Janssen, C.R. Effects of metal contamination on the activity and diversity of springtails in an ancient Pb-Zn
mining area at Plombieres, Belgium. Eur. J. Soil Biol. 2003, 39, 25-29. [CrossRef]

Domene, X.; Colon, J.; Uras, M.V,; Izquierdo, R.; Avila, A.; Alcafiiz, ].M. Role of soil properties in sewage sludge toxicity to soil
collembolans. Soil Biol. Biochem. 2010, 42, 1982-1990. [CrossRef]

Hopkin, S.P. Biology of the Springtails (Insecta: Collembola); Oxford University Press: Oxford, UK, 1997.

Vijver, M.; Jager, T.; Posthuma, L.; Peijnenburg, W. Impact of metal pools and soil properties on metal accumulation in Folsomia
candida (Collembola). Environ. Toxicol. Chem. 2001, 20, 712-720. [CrossRef]

Eisenbeis, G. Physiological absorption of liquid water by Collembola: Absorption by the ventral tube at different salinities.
J. Insect Physiol. 1982, 28, 11-20. [CrossRef]

Filser, J. The effect of the systemic fungicide Aktuan on Collembola under field conditions. Acta Zool. Fenn. 1994, 195, 32-34.
Cromack, K; Sollins, P.; Todd, R.L.; Crossley, D.A.; Fender, W.M.; Fogel, R.; Todd, A.W. Soil Microorganism-Arthropod
Interactions: Fungi as Major Calcium and Sodium Sources. In The Role of Arthropods in Forest Ecosystems; Proceedings in Life,
Sciences; Mattson, W.J., Ed.; Springer: Berlin/Heidelberg, Germany, 1977; pp. 78-84. [CrossRef]

Baath, E. Tolerance of copper by entomogenous fungi and the use of copper-amended media for isolation of entomogenous fungi
from soil. Mycol. Res. 1991, 95, 1140-1142. [CrossRef]

Urik, M.; Bujdos, M.; Milova-Ziakova, B.; Mikugova, P; Slovak, M.; Matds, P. Aluminium leaching from red mud by filamentous
fungi. J. Inorg. Biochem. 2015, 152, 154-159. [CrossRef] [PubMed]

Van Straalen, N.M.; Verhoef, H.A.; Joosse, E.N.G. Functionele classificatie van bodemdieren en de ecologische functie van de
bodem. Vakbl. Biol. 1985, 65, 131-135.

Bargagli, R. Trace Elements in Terrestrial Plants; Springer and Landes Company: Berlin, Germany, 1998.

Migliorini, M.; Piginoa, G.; Carusob, T.; Fanciullia, P.P; Leonzio, C.; Berninia, F. Soil communities (Acari Oribatida; Hexapoda
Collembola) in a clay pigeon shooting range. Pedobiologia 2004, 49, 1-13. [CrossRef]

Gillet, S.; Ponge, J.F. Changes in species assemblages and diets of Collembola along a gradient of metal pollution. Appl. Soil Ecol.
2003, 22, 127-138. [CrossRef]

McIntyre, N.E.; Rango, J.; Fagan, W.E; Faeth, S.H. Ground arthropod community structure in a heterogeneous urban environment.
Landsc. Urban Plan. 2001, 52, 257-274. [CrossRef]

Tarman, K. Oribatid fauna in polluted soil. Biol. Vestn. Ljubl. 1973, 21, 153-158.

Bielska, I. Communities of moss mites (Acari, Oribatei) of grasslands under the impact of industrial pollution. III. Communities
of moss mites of wastelands. Pol. Ecol. Stud. 1989, 15, 101-110.

Mangova, B.; Krumpdl, M. Oribatid mites (Acari) in urban environments—Bratislava city, West Slovakia. Entomofauna Carpathica
2017, 29, 27-50.

Strojan, C.L. The impact of zinc smelter emissions on forest litter arthropods. Oikos 1978, 31, 41-46. [CrossRef]

Visioli, G.; Menta, C.; Gardi, C.; Conti, F.D. Metal toxicity and biodiversity in serpentine soils: Application of bioassay tests and
microarthropod index. Chemosphere 2013, 90, 1267-1273. [CrossRef]

Hagvar, S.; Abrahamsen, G. Microarthropods and Enchytraeidae (Oligochaeta) in naturally lead-contaminated soil: A gradient
study. Environ. Entomol. 1990, 19, 1263-1277. [CrossRef]

25



Minerals 2021, 11, 704

102.

103.

104.

105.

106.

107.

108.

109.

Joosse, ENN.G.; Wulffraat, K.J.; Glas, H.P. Tolerance and acclimation to zinc of the isopod Porcellio scaber Latr. In Proceedings of
the International Conference: Heavy Metals in the Environment, Amsterdam, The Netherlands, 15-18 September 1981; CEP
Consultants Ltd.: Edinburgh, UK, 1981; pp. 425-428.

Grelle, C.; Fabre, M.-C.; Leprétre, A.; Descamps, M. Myriapod and isopod communities in soil contaminated by heavy metals in
northern France. Eur. J. Soil Sci. 2000, 51, 425-433. [CrossRef]

Hopkin, S.P.; Martin, M.H. The distribution of zinc, cadmium, lead and copper within the woodlouse Oniscus asellus (Crustacea,
Isopoda). Oecologia 1982, 54, 227-232. [CrossRef]

Cortet, ].; De Vaufleury, A.; Poinsotbalaguer, N.; Gomot, L.; Texier, C.; Cluzeau, D. The use of invertebrate soil fauna in monitoring
pollutant effects. Eur. J. Soil Biol. 1999, 35, 115-134. [CrossRef]

Bogyd, D.; Magura, T.; Simon, E.; Téthmérész, B. Millipede (Diplopoda) assemblages alter drastically by urbanisation. Landsc.
Urban Plan. 2015, 133, 118-126. [CrossRef]

Eeva, T.; Sorvari, J.; Koivunen, V. Effects of heavy metal pollution on red wood ant (Formica s. str.) populations. Environ. Pollut.
2004, 132, 533-539. [CrossRef]

Van Straalen, N. Community structure of soil arthropods as a bioindicator of soil health. In Biological Indicators of Soil Health;
Pankhurst, C.E., Doube, B.M., Gupta, V.V.S.R,, Eds.; CAB International: Wallingford, UK, 1997; pp. 235-264.

Wahsha, M.; Bini, C.; Nadimi-Goki, M. The impact of olive mill wastewater on the physicochemical and biological properties of
soils in Northwest Jordan. Int. . Environ. Qual. 2014, 15, 25-31. [CrossRef]

26



minerals

Article

Pollution Characteristics, Distribution and Ecological Risk of
Potentially Toxic Elements in Soils from an Abandoned Coal
Mine Area in Southwestern China

Libo Pan !, Xiao Guan "*, Bo Liu !, Yanjun Chen !, Ying Pei !, Jun Pan 2, Yi Zhang ? and Zhenzhen Hao !

Citation: Pan, L.; Guan, X,; Liu, B,;
Chen, Y.; Pei, Y,; Pan, J.; Zhang, Y.;
Hao, Z. Pollution Characteristics,
Distribution and Ecological Risk of
Potentially Toxic Elements in Soils
from an Abandoned Coal Mine Area
in Southwestern China. Minerals 2021,
11, 330. https://doi.org/10.3390/
min11030330

Academic Editors: Ana

Romero-Freire and Hao Qiu

Received: 29 January 2021
Accepted: 16 March 2021
Published: 22 March 2021

Publisher’s Note: MDPI stays neutral
with regard to jurisdictional claims in
published maps and institutional affil-

iations.

Copyright: © 2021 by the authors.
Licensee MDPI, Basel, Switzerland.
This article is an open access article
distributed under the terms and
conditions of the Creative Commons
Attribution (CC BY) license (https://
creativecommons.org/licenses /by /
4.0/).

Ecological Department, Chinese Research Academy of Environmental Sciences, Beijing 100012, China;
panlb@craes.org.cn (L.P.); liubo@craes.org.cn (B.L.); chenyj@craes.org.cn (Y.C.); peiying@craes.org.cn (Y.P.);
haozhenzhen2021@126.com (Z.H.)

Water Department, Guiyang Bureau of Ecology and Environment, Guiyang 550000, China;
panjun2021@126.com (J.P.); sthjjshjc@guiyang.gov.cn (Y.Z.)

*  Correspondence: guanxiao@craes.org.cn

Abstract: Acid mine drainage (AMD) from abandoned coal mines can lead to serious environmental
problems due to its low pH and high concentrations of potentially toxic elements. In this study, soil
pH, sulfur (S) content, and arsenic (As), cadmium (Cd), chromium (Cr), copper (Cu), lead (Pb), nickel
(Ni), zinc (Zn), iron (Fe), manganese (Mn), and mercury (Hg) concentrations were measured in 27
surface soil samples from areas in which coal-mining activities ceased nine years previously in Youyu
Catchment, Guizhou Province, China. The soil was acidic, with a mean pH of 5.28. Cadmium was
the only element with a mean concentration higher than the national soil quality standard. As, Cd,
Cu, Ni, Zn, Mn, Cr, and Fe concentrations were all higher than the background values in Guizhou
Province. This was especially true for the Cd, Cu, and Fe concentrations, which were 1.69, 1.95,
and 12.18 times their respective background values. The geoaccumulation index of Cd and Fe was
present at unpolluted to moderately polluted and heavily polluted levels, respectively, indicating
higher pollution levels than for the other elements in the study area. Spatially, significantly high Fe
and S concentrations, as well as extremely low pH values, were found in the soils of the AMD sites;
however, sites where tributaries merged with the Youyu River (TM) had the highest Cd pollution
level. Iron originated mainly from non-point sources (e.g., AMD and coal gangues), while AMD
and agricultural activity were the predominant sources of Cd. The results of an eco-risk assessment
indicated that Cd levels presented a moderate potential ecological risk, while the other elements all
posed a low risk. For the TM sites, the highest eco-risk was for Cd, with levels that could be harmful
for aquatic organisms in the wet season, and may endanger human health via the food chain.

Keywords: acid mine drainage; abandoned coal mine; potentially toxic elements; pollution level;
potential ecological risk

1. Introduction

Mining activity has important economic and social benefits; however, inadequately
treated acid mine drainage (AMD) is globally recognized as one of the environmental
issues, due to its acidic nature (extremely low pH of <3), and the presence of different
potentially toxic elements, such as cadmium (Cd), copper (Cu), iron (Fe), manganese
(Mn), lead (Pb), and zinc (Zn), toxic metalloids (e.g., arsenic (As) and selenium (Se), and
sulfates) [1,2], posed high threat to soil, water, and the local inhabitants in the mine-affected
areas. Acid mine drainage (AMD) occurs in sulfide-bearing mine waste due to the oxidation
of iron sulfides, especially pyrite (FeS,), pyrrhotite (FeS) and marcasite (FeS;) leading to the
creation of several soluble hydrous iron sulfates, the generation of acidity and subsequent
leaching of metals [3—6]. Acid mine drainage can lead to soil acidification, which reduces
soil enzyme activity, and inhibits plant respiration. Simultaneously, the low pH promotes
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the growth of acidophilic microorganisms, further accelerating the generation of AMD [7].
However, the potentially toxic elements in AMD can be ingested by plants, animals, and
humans through the food chain, where their enrichment can harm human health [8].
Another prominent feature of AMD is its high Fe concentration, which is of great concern
because it can influence the biogeochemistry of the ambient environment [9]. A diverse
range of microorganisms capable of metabolizing Fe compounds can be leached from AMD
into soils, and may play an important role in Fe cycling in soils. Therefore, the Fe cycle
can potentially lead to unique microbial community assemblages in AMD-impacted soils
compared to pristine soils [10].

Guizhou is located in southwestern China and has some of the country’s largest coal
resources. The coal reserves of Guizhou, which total 100 million tons, are distributed over
an area of more than 70,000 km?, accounting for 40% of the total land area. It was reported
that as of December 31, 2019, there were 249 coal mines in production in Guizhou Province,
with a total production capacity is 133.52 million tons per year. High sulfur (S) content
in the main feature of the coal in Guizhou province, which can be in excess of 3% [11].
Among the sulfide minerals, FeS; is the most widespread in nature and is regarded as the
main cause of AMD [12,13]. Youyu Catchment in Huaxi District, locating in the upstream
of Aha reservoir, which is an important water resource for the Guiyang City, has a 60-year
history of coal mining. The coal resources in Huaxi District are shallow, with most of the
coal seams being exposed to the ground. It has therefore been proven difficult to conduct
large-scale open-pit mining, and only underground mining has been established. During
mining activities undertaken in the region’s small coal mines, coal bunkers, liver dumps,
and sewage treatment tanks are usually established close to the main cave. Coal gangue
waste piles are typically disordered, and most have not been treated or protected after mine
closure; moreover, the management of coal gangue piles is even less effective. In rainy
season, waste piles have been washed away by rainwater, potentially toxic elements may
continue to migrate via runoff water. In early 2010, the large-scale mining activities with
regard to the environmental and economic aspects had been stopped by the local authority
and the government. However, Guizhou is one of the most typical areas of karst landform
in China, distributing 1710 springs on the ground with an average flow of 121.23 billion
m?/a. Even after abandonment, the continuously produced AMD with the presence the
Oy, microorganism, and water, the AMD could still pollute the surrounding environment
via springs in rainy days. Therefore, the environmental pollution and potentially ecological
risks left by the decades of mining activity may last for very long time. There have been
several studies focused on Fe-cycling, metals behavior, and remediation technology in
the river, sediment, and soils contaminated by AMD [2,14,15]. To date, relatively few
studies have reported comprehensively for soil properties and pollution level in Youyu
Catchment after a long period time of closure. Even after nine years of self-restoration,
Youyu Catchment’s pollution is still not removed and the situation is unclear, so the aims
of this study were to do the following: (1) estimate the soil acidity, soil sulfur, and levels of
potentially toxic elements in the soil nine years after mine closure; (2) identify the sources of
potentially toxic elements in the soil; and (3) evaluate the eco-risk posed by the distribution
of potentially toxic elements in the soil.

2. Materials and Methods
2.1. Soil Sampling

Youyu Catchment is located in Huaxi District, Guiyang City, which is in the central
area of Guizhou Province, China. The catchment has a total population of approximately
14,227 and covers an area of 53.33 km?. The terrain is mostly mountains and hills. The
area has a humid plateau monsoon climate, characterized by a lack of severe cold in winter
and of extreme heat in summer, and by abundant rainfall and high humidity. The average
annual temperature and rainfall are 14.9 °C and 1178.3 mm, respectively. The altitude
ranges between 1090 and 1450 m. Silico-aluminum yellow soil is the main soil type in the
study area. Youyu Catchment is characterized by well-developed agricultural activities,
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with the main products cultivated being tea, vegetables, and fruit. The major industries
include coking, cement production, and metal foundries [16]. The soil sample collection
method used herein was described by Pan et al. [17]. In June 2019, we collected soil samples
surrounding eight coal gangues and six AMD effluents. Briefly, the soil samples were
divided into four types: (1) soil samples surrounding (within 100 m) coal gangues (SCG);
(2) samples within 100 m, where AMD emerges from underground (AMD); (3) soil samples
from where tributaries merge into the Youyu River (TM); and (4) soil samples from control
areas (CK). A 2 m x 2 m grid spacing was used for soil sampling, and a total of 27 surface
(020 cm) soil samples were collected, using the five-point sampling method. At each
sampling site, five subsamples were taken from the same area (approximately 4 m?) and
pooled to form one composite sample. The sampling sites are illustrated in the Figure 1.
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Figure 1. Locations of sampling sites in the studied area.

2.2. Sample Preparation and Analysis

All samples were air-dried for 1 week, at room temperature, in a storage room, passed
through a 60-mesh sieve after removing stones, residual roots, and other unwanted materi-
als, and then sealed in brown glass bottles and conserved in a refrigerator, at —4 °C, until
analysis. Samples were analyzed by following the 3050B and 6010Cmethods established
by the United States Environmental Protection Agency (USEPA) [18,19]. In brief, approx-
imately 10 g of sample was air-dried, gently ground with an agate mortar, and passed
through a 100-mesh nylon sieve. Then, 1 g of the sample was placed into an Anton PVC
(Polyvinyl chloride) digestion vessel together with 9 mL concentrated nitric acid (HNO3)
and 3 mL hydrogen peroxide (HyO;). The vessel was sealed and heated at 180 °C for
15 min. The concentrations of eight potentially toxic elements (As, Cd, Cu, Pb, Ni, Zn,
Mn, Cr, and Hg) in the digestion solution were determined by using inductively coupled
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plasma-mass spectrometry (ICP-MS; POEMS3; Thermo Fisher Scientific, Waltham, MA,
USA).

Iron levels in soil were determined, using the national standard method (HJ 804-2016),
with 10.0 g samples (accurate to 0.01 g) placed in a 100 mL conical flask and 20.0 mL
extract liquid (c5(TEA, Triethanolamine) = 0.1 mol /L, ¢ (CaCl,) = 0.01 mol /L, c (DTPA,
Diethylenetriaminepentaacetic acid) = 0.005 mol /L); pH = 7.3) then added. The solution
was shaken at 20 £ 2 °C at a speed of 160~200 r/min for 2 h. The extraction solution was
then slowly poured into a centrifuge tube and centrifuged for 10 min. The supernatant
was isolated within 48 h of gravity filtration, using a medium-speed quantitative filter
paper. Inductively coupled plasma—atomic emission spectrometry was used to detective
iron levels.

For measuring pH, 10 g of soil was mixed with 25 mL of deionized water (1:2.5 (m/v)
soil-to-water ratio), and the supernatant was measured by using a pH meter (HQ30d;
Hach, Loveland, CO, USA), according to the methods of the People’s Republic of China
National Environmental Protection Standards (H]J962-2018) [20]. The S content in soil was
determined by using an elemental analyzer (PE 2400-1L; Perkin Elmer, Waltham, MA, USA).

2.3. Quality Assurance and Quality Control

Soil standard reference materials (GBW07401 and GSS-1), obtained from the Center of
National Standard Reference Material of China, was used for quality assurance and quality
control (QA/QC). The accepted recoveries ranged from 81.0% to 109%. Analysis methods
were evaluated by using blank (n = 7) and duplicate samples (n = 13) for each set of samples.
The relative deviation of the duplicate samples was <7% for all batch treatments.

2.4. Data Analysis

The data analysis was performed, using SPSS software (version 18.0; SPSS Inc.,
Chicago, IL, USA). Descriptive statistics generated for analysis of the potentially toxic
elements in the soil samples included the maximum, minimum, median, and mean values,
and the standard deviation (SD). Relationships between concentrations of potentially toxic
elements were investigated, using Spearman correlation coefficients. The spatial distribu-
tion of the concentrations and eco-risks of potentially toxic elements in Huaxi District was
visualized, using ArcGIS software (version 10.3; ESRI, Redlands, CA, USA).

2.5. The Geoaccumulation Index (Igeo)

The Igeo is a geochemical criterion introduced by Miiller [21]. It can be used to
evaluate soil contamination by comparing the differences between current and preindustrial
concentrations of potential contaminants. Unlike other methods of pollution assessment,
the Igeo takes the natural diagenesis process into account, making the assessments more
practical. The Igeo was calculated by using the following equation:

Igeo = log, (Cn/1.5 x By) 1)

where C,, is the measured concentration of the elements in soil (mg kg_l), and By, is the
geochemical background value (mg kg ~1). A coefficient of 1.5 was applied due to potential
variations in the baseline data [22]. The relationships between the Igeo and the pollution
levels are given in Supplementary Materials Table S1.

2.6. Potential Ecological Risk Index (RI)

The RI, proposed by Hakanson [23], is a relatively rapid, simple, and standard
method for assessing the ecological risk posed by potentially toxic elements in soils or
sediments [24]. The RI can reflect the potential ecological risk according to the overall
pollution level. The formula is as follows:

RI=Y El=Y Ti(Cl/C}) )
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The Rl is the sum of ecological risk indices of various potentially toxic elements; E! is
the ecological risk factor for individual elements; C}(mg/kg) is the concentration of a target
element in a sample soil; C(mg/kg) is the background value of the element in Guizhou
Province (Table 1); and T! is the toxicity response factor of each metal. Liu et al. [25]
calculated the toxicity response coefficient of Tl in a potential ecological risk assessment,
with the value set to 10. The toxic response coefficients of As, Cd, Cr, Cu, Pb, and Zn were
10, 30, 2, 5, 5, and 1, respectively. The classification standard for the RI of the potentially
toxic elements is also shown in Supplementary Materials Table S1.

3. Results and Discussion
3.1. pH

Soil pH is usually classified into the following five categories: strongly acidic (pH < 4.5),
acidic (4.5 < pH < 5.5), slightly acidic (5.5 < pH < 6.5), neutral (6.5 < pH < 7.5), alkaline
(7.0 < pH < 8.5), and strongly alkaline (pH > 8.5) [26]. As shown in Table 1, the range of
soil pH values in the study area was 0.94-7.77 (mean, 5.44 + 1.46, i.e., acidic). In contrast to
the soil background pH value (6.2) in Guizhou Province, 60% of the samples were classified
as strongly acidic. The sample site with the most acidic soil conditions was AMD4 (0.94),
which was located in an area affected by the largest flows of AMD effluents. Most of the
other sites with strongly acidic soil conditions (pH range of 3.27-5.89) were located on
or surrounding coal gangues, e.g., AMD1, SCG3, and SCG5. In contrast, the soil pH in
sites relatively remote from the coal gangues (and thus from the impact of AMD effluents)
was neutral to alkaline. Similar trends were also observed in other studies conducted in
Youyu Catchment. For example, the pH was found to be 4.48 & 0.93 in farmland soil from
Youyu Catchment, and irrigation by AMD was considered to be the main reason for soil
acidification [27]. The farmland and paddy soil pH values were reported to be 4.52-6.40
and 4.71-5.55, respectively, in a study conducted in the same area ago, and the soil pH
within 100 m of coal gangues was lower than that at sites 300 m away [28]. Studies in other
coal-mining areas in Guizhou Province have also revealed a strongly acidic soil pH, e.g.,
Zhijin mine in Bijie City (4.78-5.38 for paddy soil and 4.995-5.77 for farmland soil), with
AMD resulting from high-S ores and gangues identified as the dominant source. The study
area was located in the karst landform region of Guizhou Province, which is dominated
by carbonate rocks, and the background soil pH is neutral to slightly alkaline. Since the
early 1980s, coal resources have been exploited on a large scale in Youyu Catchment, with
numerous small coal mines and several larger private mines forming large-scale goafs.
Communication between coal bearing strata and the overlying karst strata has led to
karst water flowing into pits and interacting with coal seams, which has generated acidic
wastewater containing rusty, yellow-colored granular suspended matter. Because most coal
mines are located along the Youyu River, the acid waste water from mining has typically
been discharged into the river along the wellhead.

3.2. Concentrations of Potentially Toxic Elements in Soils

Descriptive statistics for As, Cd, Cu, Pb, Ni, Zn, Mn, Cr, Hg, Fe, and S in the 27 soil
samples from Youyu Catchment are presented in Table 1 and Figure 2. The background
pH and concentrations of potentially toxic elements in Guizhou Province and the Chinese
Environmental Quality Standards for Soils [29] are listed together for reference. Potentially
toxic elements were found to be widespread in the study area, with concentration ranges
of 4.85-12.94, 0.10-2.85, 4.04-167.92, 5.15-43.11, 3.39-77.73, 10.60-264.58, 6.54-3524.02,
56.37-118.25, 0.006-0.015, 3764.24-185,519.41 mg/kg for As, Cd, Cu, Pb, Ni, Zn, Mn, Cr,
Hg, and Fe, and 0.003-2.91% for S; the respective mean values were 8.74, 1.12, 62.68, 18.40,
25.95,72.52, 593.60, 86.06, 0.010, and 35,575.95 mg/kg, and 0.44%. In general, except for Cd,
the concentrations of the potentially toxic elements (As, Cu, Pb, Ni, Zn, Cr, and Hg) were
all below the Chinese environmental quality standards for soils. For Cd, the mean value
was 1.12 mg/kg, which was 2.73 times higher than the Chinese standard (0.30 mg/kg). The
As, Cd, Cu, Ni, Zn, Mn, Cr, and Fe concentrations were higher than the soil background
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values in Guizhou Province [30], with the Cd, Cu, and Fe concentrations being particularly
high at 1.12, 62.68, and 35,575.95 mg/kg, which were 1.69, 1.95, and 12.18 times higher than
their respective background values. There are no published records of soil background
values for S in Guizhou Province, but when compared to a mountain soil in the adjacent
area (0.11%) [31], the mean S content in the study area was 3.4 times higher (0.44%).

There have been several other studies reporting the levels of potentially toxic elements
in the soils of the studied area. According to a study conducted in Youyu Catchment
in 2014, the Cr, Cu, Zn, As, Cd, and Pb concentrations in the soil surrounding the coal
mine were 79.09 &+ 16.48, 87.07 £ 13.28, 127.5 £+ 36.23, 30.53 + 10.82, 0.36 £ 0.15, and
29.05 £ 9.04 mg/kg, respectively [27]. In a study in Huaxi District conducted in 2010, the
Hg, As, Cr, Pb, Cd, Fe, and Mn concentrations were 0.15, 29.60, 62.42, 26.56, 0.61, 31,300,
and 437.52 mg/kg, respectively [32]. Gao et al. [15] determined the total Fe concentration in
an abandoned coal mine in Youyu Catchment and reported an AMD volume of >7000 m?,
and a mean Fe concentration of 20,929.65 mg/kg, which was lower than the value reported
in this study. Since 2010, the As, Hg, and Pb concentrations in soils in Youyu Catchment
have displayed a downward trend, while the Cd, Fe, Mn, and Cr concentrations have
displayed upward trends.

There have been several studies of other high-S coal mines in Guizhou Province [33]
determined the As, Cd, Cr, Cu, Pb, and Zn concentrations in the soils of Xingren County,
which is located in southwest Guizhou where numerous high-S coal mines are located.
The As, Cd, Cr, Cu, Pb, and Zn concentrations were 28.82, 133.75, 1.14, 52.11, 79.63, 44.39,
and 118.23 mg/kg, respectively. According to Li [34], at the Zhijin coal mine in western
Guizhou Province, the Hg, As, Cu, Zn, Cd, Pb, Cr, Fe, and Mn concentrations in the soil
surrounding coal gangues were 0.128, 6.94, 126.49, 85.92, 0.56, 17.62, 157.69, 61,689, and
435.1 mg/kg, respectively. In comparison to these coal-mining areas in Guizhou Province,
the concentrations of potentially toxic elements in this study were relatively low. This
disparity reflects the variation in potentially toxic element concentrations among different
regions in coal-mining areas, as well as the enrichment of potentially toxic elements in soils
by anthropogenic activities.
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Table 1. The concentrations, coefficient of variation, and geoaccumulation index (Igeo) values of potentially toxic elements

in soils of Youyu Catchment.

} H As Cd Cu Pb Ni Zn Mn Cr Hg Fe S
P (mg/kg) (mg/kg) (mg/kg) (mgkg) (mgkg) (mg/kg) (mgkg) (mgkg) (mgkg) (mgkg (%)
Mean 5.44 8.74 1.12 62.68 18.40 25.95 72.52 593.60 86.06 0.010 35,575.95 0.44
SD 2.06 0.70 27.52 9.05 18.88 49.12 775.69 14.30 0.00 33,710.01 0.59 SD
Ccv 23.59 62.17 43.90 49.19 72.76 72.65 130.68 16.62 24.76 94.76 132.53 Ccv
Igeo - —-0.13 0.22 —1.26 —-0.79 —1.05 —1.51 —0.11 —2.65 2.47 - Igeo
CEQS - 25.00 0.30 200.00 350.00 50.00 300.00 - 250.00 1.00 - -
Background
values in 62 8.6 021 320 26.2 234 67.0 482 61.0 0.040 2920 -
Guizhou
province

CEQS: Chinese Environmental Quality Standards for Soils (CEPA 1995); Background Values in Guizhou Province: CNEMC, 1990.

3.3. Spatial Distribution of Potentially Toxic Elements

In general, the sample types were divided into four classes, to represent the abandoned
coal area: (1) soil samples surrounding (within 100 m) the abandoned coal mines (5CG),
(2) samples from where AMD emerges from underground (AMD), (3) soil samples from
where tributaries merge into the Youyu River (TM), and (4) soil samples from control areas
(CK). As shown in Figures 3 and 4, different soil sample sites displayed varying degrees
of pollution. Generally, the soil sampled at TM sites had the highest Cd, Cu, Ni, Zn, and
Mn concentrations, while the As, Pb, Cr, and Fe concentrations were highest in the soils at
AMD sites; the Hg concentrations were similar across the five sampling sites. The soil at
SGC sites had the highest S content, and conversely had the lowest levels of all potentially
toxic elements, except for Fe. Therefore, Cd and Fe were considered to be the elements of
most concern; however, these two elements had different pollution characteristics. The Cd
concentrations followed the order of TM > AMD > SCG > CK, while the Fe concentrations
followed the order of AMD > SCG > CK > TM.
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Figure 4. The concentrations of Cd and Fe in the soil from different sites in Youyu Catchment.

3.4. Ecological Risk of Potentially Toxic Elements

The method of Hakanson [23] was adopted to assess the ecological risk posed by
heavy metal pollution in the topsoil of the study area. Hakanson developed a quantitative
approach that has been used in many other studies, to assess the ecological risk posed
by heavy metals in soil [35,36]. Supplementary Materials Table S2 shows the potential
ecological risk values, E(i), of eight potentially toxic elements in the topsoil in Youyu
Catchment. The mean E(i) values of As, Cr, Cu, Ni, Pb, Zn, and Hg were all less than 40,
indicating that these metals posed a low ecological risk. Cadmium had a higher mean
E(i) value (51.16) than the other seven heavy metals, thus presenting a moderate potential
ecological risk. Overall, 61.8% of all samples had an E(Cd) value in the range of 40 to
80, while 14.5% were in the range of 80 to 160, representing moderate and considerable
potential ecological risk, respectively. The RIs were calculated to assess the risk of multiple
potential toxic elements in soils. The RI values for 91.0% of all samples were <160, indicating
a low potential ecological risk, while the other 9.0% of samples posed a moderate ecological
risk. As shown in Figures 5 and 6, the spatial distribution of E(Cd) is consistent with that of
RI, indicating that the potentially ecological risks in the studied area was dominated by Cd.

The oxidation of sulfides releases H*, Fe?*, and SO42*, which is the first step in the
environmental accumulation of potentially toxic elements in the environment. However,
the subsequent migration of elements is also controlled by a series of complex precipitation,
hydrolysis, adsorption and desorption, co-precipitation, and ion exchange reactions. In
general, the highest concentrations of Fe, S and the lowest pH values were all observed
in the AMD sites. At the AMD sites, soil Fe and S concentrations had significant negative
correlations with soil pH (P > 0.01, Fe:R = —0.83, S:R = —0.93), suggesting that the Fe and S
concentrations were higher at lower pH values. This was the karst landscape facilitated
AMD outflows, resulting in massive amounts of Fe3t, H*, and SO42~ being leached into
the soil, thus causing significantly high Fe and S concentrations and extremely low pH
values in the soil at AMD sites. It was also apparent that the Fe concentration displayed a
decreasing trend with distance from AMD and SCG sites, while pH displayed the opposite
trend.
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However, compared to Fe, the Cd concentrations displayed the opposite trend, being
highest in the TM sites and thus implying other pollution sources. Based on the field
investigation, coal mining at the AMD sites and abandoned coal mines was responsible
for the direct introduction of Cd into the surface environment. However, there were also
numerous exposed coal seams upstream of TM sites. The local karst area was dominated
by a lithologic soil that has been substantially affected by the carbonate rocks. The soil was
shallow and neutral to slightly alkaline due to the lack of a transition layer, and the affinity
and adhesion between the underlying rock and soil was poor. For a long period of time, the
local area has had a tropical and subtropical climate, and has therefore experienced humid
and hot conditions with high precipitation, resulting in strong chemical leaching activities.
Leaching or weathering of these residues may transfer Cd and other elements downbhill to
the TM soils, which can then migrate onto farmland and into surface waters. It has been
reported that soil Cd is more likely to migrate under acidic conditions (pH < 6) [14,37],
but is more likely to deposit as Cd(OH);, or other precipitates in an alkaline environment
(pH > 6). In contrast, Fe is more inclined to precipitate under acidic conditions [38], which
was the case in this study. In the TM sites, the Cd concentration showed a significantly
negative correlation (p < 0.01, R = 0.97) with pH (mean value, 6.76), while in the SCG and
AMD sites, which had the highest soil Fe concentrations, there was a significant positive
correlation (p < 0.01, R = 0.96) between the Fe concentration and pH (mean value, 4.35).
The above results indicated that with distance from AMD and SCG sites, the pH tended to
be higher and soil Cd tended to precipitate, while Fe tended to precipitate under a low soil
pH. However, it should be recognized that the migration of various elements in the mining
area varied with the chemical properties of solid minerals and solutions. There are likely to
be multiple migration mechanisms, which should be studied further in combination with
an analysis of the various chemical forms of soil elements. The TM sites showed higher
Cd concentrations compared to other sites in the upper reach; as mentioned above, Cd
is more likely migrate under acid condition and absorbed into sediment under opposite
condition. Yuan et al. [39] reported that, under flood conditions, sediments are easily
mixed with water, and potentially toxic elements-rich sediments are enriched in the soil
around the river and in the lower-lying terrain. It can be seen that river sediments are not
only the enrichment area of potentially toxic elements but also the secondary pollution
sources with potential hazards to water quality and the surrounding soil. In addition,
coal wastes are often used by local residents to increase the height of riverbanks, and can
also be enriched in river sediment. Under flood conditions, the sediments will mix with
river water, and the soil around the river and surrounding low-lying terrain can become
enriched with sediment [39]. Runoff from tributaries of the Youyu River has decreased
annually, especially in the dry season, and the bare riverbed has formed a soil over a long
period. The levels of Cd and other potentially toxic elements in soil may also be influenced
by agricultural activities, such as irrigation with contaminated water and fertilization. In
addition, due to the prohibition of mining activities, tea plantations have been established
by local famers in recent years. Phosphate fertilizer is used by local farmers, to improve
soil fertility, and has had an important influence on soil quality.

After 2010, the mines in this area were successively closed, and the pits were all
sealed. However, AMD formation became more extensive after mine closure, because the
pumps used to keep the water table near open-pit and/or underground mines artificially
low, to facilitate mining activities, were turned off. This has resulted in a rise in the
groundwater level, which then comes into contact with the exposed sulfide minerals on
wall rocks, causing AMD to be continuously generated. In addition, even if all the pits
were sealed, groundwater would flow in the form of karst gaps, pores, karst caves, pipes,
and underground rivers, due to the karst landforms. Rock cutting and fragmentation create
favorable conditions for groundwater storage, migration, and dissolution. Surface water
and groundwater are exchanged frequently, and karstification is strong. Water usually
emerges from the ground in the form of springs, seriously contaminating the surrounding
aquatic and soil environment. At the same time, coal gangues from the coal mines have
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been randomly deposited in the area, and harmful components are leached out by rainfall
leaching, which then pollutes surface water, groundwater, and soil. According to the spatial
distribution of potentially ecological risk posed by Cd (Figure 5 and Table 2), the sites

where tributaries merged with the main steam of the river had the highest pollution levels.

Soil pollutants can enter rivers through leaching, where they may harm aquatic organisms

in the wet season, and further endanger human health via the food chain.

Table 2. The potential ecological risks of potentially toxic elements in soils from different sites of Youyu Catchment.

Sampling Sites As Cd Cu Pb Ni Zn Cr Hg RI

™ 10.39 85.60 11.66 3.87 10.71 1.66 3.08 14.50 141.47
AMD 11.27 73.17 8.93 3.61 511 0.91 3.26 12.30 118.56
SCG 9.63 44.78 8.95 3.11 3.69 0.69 2.75 9.45 83.06

CK 10.78 32.84 11.29 3.62 5.96 1.35 2.66 9.00 77.50
Mean 10.17 51.16 9.79 3.51 5.55 1.01 2.82 9.87 93.87
Median 10.46 43.84 9.82 3.14 3.91 0.82 2.82 9.12 82.15
Maximum 15.04 129.70 26.24 8.23 16.61 3.95 3.88 15.24 199.51
Minimum 5.64 4.69 0.63 0.98 0.72 0.04 1.85 6.32 38.96
SD 2.40 31.81 4.30 1.73 4.04 0.73 0.47 2.44 36.25

TM: Youyu River; AMD: acid mine drainage; SCG: surrounding (within 100 m) coal gangues; CK: control areas.

Cadmium is considered to be one of the most toxic trace elements in the environment,
and can cause serious health problems in animals and humans [40]. Cadmium accumu-

lation in grains and vegetables has received much attention [41]. Cadmium pollution of
the edible parts of grains and vegetables is particularly serious in China, due to rapid
industrialization and the wide application of agrochemicals in agricultural activities. It has
been reported that Cd is the main element responsible for soil heavy-metal contamination

in China, and poses the highest potential ecological risk in both rural and urban areas.
The highest soil Cd concentrations have been reported in south China, e.g., the Yunnan—

Guizhou Plateau. However, there are many other hotspots in China, due to mining and
smelting activities, with the soil in mining and smelting areas having much higher Cd

concentrations than in areas where other land uses predominate, such as irrigation, urban,

and remote areas [42—44].

4. Conclusions

Obvious acidification and enrichment of potentially toxic elements was observed
in the soils of Youyu Catchment, especially Cd, S, and Fe. Among all elements in the
study area, the highest concentrations were observed for Cd and Fe, with Cd and Fe being

present at unpolluted to moderately polluted and heavily polluted levels, respectively.

Significantly high Fe and S concentrations and extremely low pH values were found in the
soils of AMD sites, and the sites where tributaries merged with the TM had the highest Cd
concentrations. Iron contamination originated mainly from the non-point sources of AMD
and coal gangues, while the adsorption and desorption of AMD and agricultural activity
resulted in high Cd levels in the estuary. Cadmium levels posed a moderate ecological
risk, while the other elements, such as As, Cr, Pb, Zn, Cu, Ni, and Hg, all posed a low
eco-risk. Spatially, the TM sites had the highest Cd eco-risk; moreover, they tended to
pose a significant risk of harm to aquatic ecosystems, particularly in the wet season, and

endangered human health via the food chain.

Supplementary Materials: The following are available online at https:/ /www.mdpi.com/2075-163
X/11/3/330/s1, Table S1: Contamination categories on the basis of Igeo values and ecological risk
indices; Table S2: Potentially ecological risks values of the elements of As, Cd, Cu, Pb, Ni, Zn, Cr, and
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Abstract: This paper presents the content of selected heavy metals (Cd, Cr, Cu, Ni, Pb and Zn) in
the soils of the Tatra National Park (TNP). In order to determine the anthropogenic impact on the
environment, the following coefficients were calculated: enrichment factors (EF), geoaccumulation
index (Igeo), contamination factor (Cf), degree of contamination (Cq), and modified degree of
contamination (mCy). It turned out that in the Kasprowy Wierch and Lake Morskie Oko test areas,
the content of metals in the soil decreases with the increasing altitude above sea level. In both regions,
the highest concentrations of cadmium and lead were found, for which the coefficients indicated
significant environmental pollution. These metals, since they persist in the atmosphere for a long
time and have a small particle diameter, can be moved over long distances. Long-range emission
contributes to environmental contamination on a global scale. Under the influence of such emissions,
even protected areas such as the Tatra National Park, considered to be of natural value, are exposed
to the effects of human activities (industry in general, automotive industry in particular).

Keywords: heavy metals; soil; enrichment factor; geoaccumulation index; contamination factor

1. Introduction

Heavy metals pose a great threat to the natural environment [1,2]. The toxicity of metals results
not only from the degree of environmental contamination, but above all from the biochemical role they
play in metabolic processes. Heavy metals, such as: Cd, Cr, Cu, Ni, Pb, and Zn, pose a particularly
high risk of chemical imbalance in ecosystems, if they are introduced in significant amounts [3].

Dust in the atmosphere, containing heavy metals, gets into the soil and falls on the above-ground
parts of plants. As a result, the concentration of heavy metals in these elements of the environment
increases. Natural contents of heavy metals in soils are closely related to the type of soil [3-5].

The sources of metals in the soil are bedrock material and atmospheric pollution caused by
anthropogenic activities (emissions from the industrial and automotive sector). Heavy metals can
travel long distances from emitters [6,7]. The spread of heavy metals over long distances is related
to the long duration of dust pollution in the atmosphere. The length of time of particulate matter
remaining in the atmosphere depends on the size of these particles, the terrain configuration, and the
weather conditions. Low pressure, strong wind, considerable cloud cover and high precipitation
contribute to the spread of pollutants over long distances [8]. The length of time of heavy metals
remaining in the environment differs for individual metals. The metals that remain in the atmosphere
for a long time and have a very small diameter of particles are lead and cadmium. Lead and cadmium
are easily transported over long distances and, therefore, cause environmental contamination on a
global scale [8,9].
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Research on the content of heavy metals in the Tatra National Park (TNP) area was conducted
by numerous teams. The Tatra National Park is a good place to conduct research aimed at assessing
the scale of pollution introduced into this area, as for many years it has not been directly affected by
human activity. The research area is diversified in terms of natural conditions determined by large
differences in altitude. In Poland, the authors who investigated the relationship between height above
sea level and the content of heavy metals in soils included Kubica et al. [10,11], Miechéwka et al. [12,13].
Kubica et al. [10,11] investigated the concentrations of selected radionuclides and heavy metals
(Zn, Pb, Cd, Nji, and Fe) in soil samples in the Koécieliska, Rybi Potok, and Chochotowska Valleys.
The concentration of heavy metals in forestless soils was investigated by, e.g., Miechéwka et al. [12].
The same team [13] analyzed the concentrations of heavy metals in rocky initial rendzinas (Lithic
Leptosols). Wieczorek and Zadrozny [14] conducted an analysis of the content of Cd, Pb, and Zn only
in podzolic soils in selected areas of the Tatra National Park. In the Slovak part of the Tatra National
Park, related research was carried out by, among others, Baranc¢okova et al. [15]. Similar studies have
been conducted also in other protected areas in the Polish Carpathians, including in the Bieszczady
National Park [16,17] and other parts of the main ridge of the Flysch Carpathians [18].

The aim of this study is to determine the effect of altitude on the content of heavy metals (Cd, Cr,
Cu, Ni, Pb and Zn) in soils in mountain areas.

2. Materials and Methods

2.1. Study Area

The Tatra National Park is one of 23 national parks in Poland, where high-mountain relief is
provided, and valuable species of plants and animals (including endemics and relics) are protected.
The research area is located in the Polish part of the Central Western Carpathians, in the northern part
of the Tatra Range macroregion [19] and it is the highest part of the entire Carpathians. The specificity
of this area is the complex geological structure [20-22], land relief heterogeneity (fluvial-denudation,
karst, and glacial) [23-25], climatic conditions changing with the increase in altitude above sea
level (air temperature, total precipitation, etc.). The specificity of the climate of the Tatra Range is
determined by the incidence of different air masses. Arctic maritime air masses (PPm) have the largest
share in the formation of weather, i.e., 65% of days a year, while continental polar air masses (PPk)
approximately 20% of days a year [26,27]. The above elements determine the specificity of water
circulation (spatially diversified possibility of water retention, the volume of runoff, water chemistry,
etc.). The soil cover of the Tatra Mountains is strongly related to, among others, their geological substrate,
morphogenetic processes, and climatic conditions, and its characteristic feature is openwork, as well
as poorly developed soils (i.e., initial soils) [28]. All the physico-geographical zones, characteristic
of high mountain areas, have developed in the Tatra Mountains. Two test areas (Figure 1) in the
Tatra National Park in Poland, on the northern slope of the Tatra Mountains, were selected for the
study. These areas were selected owing to the diversity of the natural environment, including the
physico-geographical location, landscape zone, and geological structure. The test areas were given
working names—Kasprowy Wierch (KW) and Morskie Oko (MO).

2.1.1. Kasprowy Wierch (KW) Tested Area

The area is located within two physico-geographical mesoregions—the Reglowe Tatras (collection
points 1-4) and the Western Tatras (collection points 5-8) [29], and it ranges from the forest zone to the
alpine zone. It is characterized by high lithological and tectonic diversity. This affects, among other
matters, the lack of overlapping of the topographic watershed with the underground watershed.
The area belongs to the Bystra catchment (with the Potok Jaworzynka sub-catchment) and the Sucha
Woda Gasienicowa catchment, which is part of the Dunajec basin. Depending on the altitude,
the mean annual air temperature ranges from 0 to 6 °C [30], the annual total precipitation ranges
from 800 to 1800 mm, and the length of the snow cover deposition ranges from 100 to 200 days a
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year [31]. The soil cover is varied and dominated by the following soils: Fluvisols, Rendzic Leptosols,
Folic Rendzic Leptosols, Cambic Rendzic Leptosols, Haplic Cambisols (Eutric), Haplic Podzols
(Skeletic), Entic Podzols, Leptic Podzols, and Folic Leptosols [32]. The height difference within the
sampling points is 750 m (1100-1850 m above sea level).

7,
RUSSIA 4
> %
: :
= o
o
o POLAND

[ forest @ soil sampling points MO tested area

scrub mountain pine  -—-—- national border

alpine zone and rocks —— national park border

Figure 1. Location of the tested area on the background of the map of Poland and Tatra National Parks.

43



Minerals 2020, 10, 1120

2.1.2. Morskie Oko (MO) Tested Area

The area is located within the High Tatras in the Biatka catchment (the Dunajec river basin)
drained by the Rybi Potok, Roztoka, and Biatka. With regard to the zonality of the environment, it is
entirely located within the forest zone. It is part of one of the largest U-shaped valleys in the Tatras.
Depending on the altitude, the mean annual air temperature ranges from 2 to 4 °C [30], the annual
total precipitation ranges from 1000 to 1400 mm, and the length of snow cover deposition ranges from
120 to 160 days a year [31]. The dominant soils in this part are, among others: Haplic Podzols (Skeletic),
Haplic Cambisols (Dystric, Skeletic), Lithic Leptosols, and Regosols (Hyperskeletic) [32]. The height
difference within the sampling points is 400 m (1000-1400 m above sea level).

2.2. Sampling and Analysis

2.2.1. Sampling

Top soil samples (0-10 cm) were taken from the Kasprowy Wierch and Morskie Oko tested areas
in the Tatra National Park. The samples were taken every 100 m of altitude, starting from 1100 m
above sea level for KW and from 1000 m above sea level for MO. During the field tests, a total of 130
soil samples were collected, 10 from each point (80 for KW, 50 for MO). The field tests were carried out
on 4 September 2019 (KW), and 5 September 2019 (MO). The average temperature during the sampling
was 10 °C and no precipitation was recorded. The characteristics of the sampling sites and the adopted
designations are presented in Table 1.

Table 1. Selected characteristics of soil sampling points in the Kasprowy Wierch (KW) and Morskie

Oko (MO) tested areas.
Sample Altitude Geographical . Physico-Geographical
Test Area No. (m as]) Coordinates Geological Structure [21,22] Mesoregion [19]
49°15.572' N Boulders, grfavel, sand, and silts of
1 1100 5 , stones and river terraces 0.5-3.0 m Reglowe Tatras
19°59.322" E . X
high, e.g., rivers (Holocene)
49°15.424' N Dolomites, limestones, siltstones,
2 1200 19°59.645" E and breccia (Lower Triassic) Reglowe Tatras
49°15.254' N Dolomites, limestones, siltstones,
3 1300 19°59.681" E and breccia (Lower Triassic) Reglowe Tatras
49°15.252' N Dolomites and limestones
KW 4
4 1400 19°59.908 E undivided (Middle Triassic) Reglowe Tatras
49°14.497" N Boulders, moraine rock debris,
5 1550 20°00.097" E clayey (Pleistocene) Western Tatras
49°14.133' N .
6 1650 19°59 671 E Porphyry granites (Carbon) Western Tatras
49°14.013' N Boulders and rock debris of
7 1750 19°59.446' E rubble cones (screes) (Quaternary) Western Tatras
49°13.927' N Boulders and rock debris of
8 1850 19°59.301" E rubble cones (screes) (Quaternary) Western Tatras
Boulders, gravel, sand,
o , clayey sands and silts of cones,
9 1000 2%03)5;%69?3’ I;:I of fluvioglacial levels and terraces High Tatras
' 12.0-15.0 m high, e.g., rivers
(Pleistocene)
49°13.984' N Granodiorites and tonalities, .
10 1100 20°05.524’ E equal grained, grey (Carbon) High Tatras
49°13.270’ N Boulders, moraine rock debris .
MO y )y
1 1200 20°05.647" E clayey (Pleistocene) High Tatras
49°12.893' N Boulders, rock debr1§ and silts of )
12 1300 o , dump and alluvial cones High Tatras
20°04.867" E b
(Pleistocene-Holocene)
5 , Boulders, rock debris and silts of
13 1400 49712021 N dump and alluvial cones High Tatras

O /
20°04.115°E (Pleistocene-Holocene)
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2.2.2. Chemical Analysis

In order to determine the content of heavy metals (Cd, Cr, Cu, Ni, Pb, and Zn) in the sampled soil
material (topsoil, up to 10 cm), the following laboratory work was carried out, in accordance with the
methodology used for collecting and preparing samples for chemical analyses [33,34]:

e  C(Cleaning the collected samples by removing foreign material (dry leaves, twigs, grass, etc.);

e Drying the samples at 70 °C;

e  Grinding soil samples in a ceramic mortar and sieving through a sieve with a mesh diameter of
2 mm;

e  Mineralization, which is performed to completely break down soil samples into simple, solid
compounds—I1 g of the dried sample material was treated with a mixture of acids and aqua regia
in the proportion (1:1:1 HNO3:HCIL:H,O). The resulting solution was filtered and stored in sealed
polyethylene containers until sent for spectrometric analysis;

e  Determination of the total content of heavy metals using the inductively coupled plasma mass
spectrometry (ICP-MS) method in the Bureau Veritas laboratory. The use of the Bureau Veritas
methodology made it possible to accurately determine the metal content in the soil material, with
the following detection limits (ug/g dm) for Cd: 0.01, Cr: 0.5, Cu: 0.01, Ni: 0.1, Pb: 0.01 and Zn: 0.1.

2.2.3. Soil Pollution Indicators

There are many indices for determining the degree of soil contamination with heavy metals [35].
This work focused on the enrichment factor, geoaccumulation index, and contamination factor.
As reference values (background) for the obtained results, the concentrations of metals in the soils of
Europe given in the Geochemical Atlas of Europe [36,37] were adopted. On the other hand, to calculate
the enrichment factor, the average Earth’s crust values for granite rocks were used, given by Turekian
and Wedepohl [38] and Wedepohl [39]. The average concentrations of metals in the soil (background)
for the selected research area and Earth’s crust for granitic rocks are presented in Table 2.

Table 2. Mean metal concentrations (background values) in soils according to Salminen et al. [37] and
average Earth’s crust according to Turekian and Wedepohl [38].

Element Background Values Average Earth’s Crust for
(mg'kg™) Granitic Rocks (mg-kg™1)
¢d 0.14 0.13
Cr 215 13
Cu 15.8 14
Ni 21.9 15
Pb 22.8 175
Zn 54.6 50
Fe (%) 2.50 23

Enrichment Factor (EF)

The enrichment factor (EF) is used to determine the anthropogenic effect on soil contamination
with heavy metals [40]. The recommended reference element—iron (Fe) [41], is used to calculate the
index. Fe is recommended because it does not take an active part in biogeochemical cycles.

The enrichment factor is calculated according to the following equation:

Mx-Feb

EF = Vb Fex’ M

where Mx and Fex are the soil sample concentrations of the heavy metal and Fe (or another normalizing
element), while Mb and Feb are their concentrations in a suitable background (average Earth’s
crust) [40].
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The enrichment factor is classified as follows:

EF < 2: deficient to minimal enrichment;
2 < EF < 5: moderate enrichment;

5 < EF < 20: significant enrichment;

20 < EF < 40: very high enrichment;

EF > 40: extremely high enrichment.

Geoaccumulation Index (Igeo)

In order to assess the degree of contamination of environmental components, Miiller [42] suggested
using the geoaccumulation index. He provided seven categories of contamination depending on the
index value.

Geoaccumulation index is calculated as follows:

CmSample
1.5 x CmBackground

Igeo = log,( 2)
where CmSample is the concentration of the element in the enriched samples, and CmBackground is
the background value of the element (Table 2). The contamination categories given by Miiller [42] are
as follows:

Igeo > 5: extremely contaminated;

4 < Igeo < 5: strongly to extremely contaminated;

3 < Igeo < 4: strongly contaminated;

2 < Igeo < 3: moderately to strongly contaminated;

1 < Igeo < 2: moderately contaminated;

0 <Igeo < 1: uncontaminated to moderately contaminated;
Igeo = 0: uncontaminated.

Contamination Factor (Cf)

The third factor determining soil contamination with heavy metals is the contamination factor
(Cf). It is calculated according to the following formula:

CmSample

Cf 3)

~ CmBackground’
where the contamination factor Cf < 1 refers to low contamination; 1 < Cf< 3 means moderate
contamination; 3 < Cf< 6 indicates considerable contamination, and Cf > 6 indicates very
high contamination.

Degree of Contamination (Cq)

Hakanson [43] proposed an overall indicator of contamination based on integrating data for a
series of seven specific heavy metals (As, Cd, Cu, Cr, Hg, Pb, Zn) and the organic pollutant PCB.
This method is based on the calculation for each pollutant of a contamination factor (Cf). The degree of
contamination is calculated using the following formula:

ca =Y 'c 4
d — i—1 f/ ( )
where n—number of analyzed elements, i—it" element (or pollutant), and Cf—contamination factor.

To determine the level of soil contamination, the following ranges were adopted according to
Hékanson [43]:

46



Minerals 2020, 10, 1120

Cq < 8: low degree of contamination;

8 < Cq < 16: moderate degree of contamination;

16 < Cq < 32: considerable degree of contamination;

Cgq = 32: very high degree of contamination indicating serious anthropogenic pollution.

Modified Degree of Ontamination (m Cq)

Abrahim [44] extended Hdakanson’s formula [43] by introducing a modified degree of
contamination and an appropriate scale of contamination. The modification of Hikanson’s formula,
carried out by Abrahim [44], made it possible to determine the influence of all metals on soils,
without quantitative restrictions. The modified degree of contamination is the sum of all contamination
factors (Cf) for soil pollutants divided by the number of analyzed pollutants. The equation for
calculating the degree of contamination is provided below:

1€}
mCq = — ®)

Due to the obtained values of the mCy coefficient, the following scale of the degree of soil
contamination was adopted:

mCq < 1.5: very low degree of contamination;

1.5 <mCq < 2: low degree of contamination;

2 <mC4 < 4: moderate degree of contamination;

4 <mCq < 8: high degree of contamination;

8 <mCy < 16: very high degree of contamination;

16 <mCq < 32: extremely high degree of contamination;
mCq > 32: ultra-high degree of contamination.

3. Results

The average content of heavy metals in the soils of the test areas (KW and MO) and the pH value
are presented in Table 3.

Table 3. Heavy metal content (average values) and soil reaction in the Kasprowy Wierch and Morskie
Oko test areas.

Tested  Sample Mean Metal Concentrations (mg-kg™1) pH
Area No. cd Cr Cu Ni Pb Zn Fe (%) H,O
1 1.3 49.2 12.9 15.6 117.8 122.5 4.2 7.5

2 1.2 41.8 12.4 14.2 115.1 118.0 4.1 7.6

3 1.1 40.5 10.9 12.5 113.7 96.8 3.7 7.7

4 0.9 31.6 6.4 7.7 99.1 86.0 3.6 7.8

Kw 5 0.7 31.9 5.6 6.2 85.4 79.8 29 5.2
6 0.7 31.1 4.2 6.5 65.8 76.6 2.6 4.3

7 0.5 26.0 4.0 5.5 54.2 74.1 2.3 49

8 0.3 25.3 3.1 4.6 53.5 61.1 2.0 49

9 1.3 32.6 14.8 5.8 161.1 125.4 49 4.0

10 1.0 31.1 12.2 5.0 149.8 105.5 4.4 35

MO 11 0.9 31.3 11.6 5.1 129.3 84.1 3.9 3.6
12 0.6 27.9 10.8 3.1 118.3 67.5 3.7 3.4

13 0.5 27.5 9.2 2.7 114.6 522 3.3 3.8

On the basis of the conducted research, it was found that the highest average heavy metal content
in soils for both test areas was recorded for Zn and Pb, and the lowest for Cd, Cu and Ni. Metal contents
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in the soils for the KW and MO test areas decrease with the increase in the height in meters above
sea level. By comparing the metal contents between the test areas at the same altitudes, higher lead
contents for MO can be seen compared to the Pb content in KW. On the other hand, the content of Cr
and Ni in the soil of the test areas is higher in the case of KW in relation to the content of these metals
in the MO test area.

Soil reaction (pH) is the highest (from 7.5 to 7.8) for the soils sampled at an altitude of 1100-1400 m
in the vicinity of KW. The lowest pH values were found for the soils of the MO test area (from 3.4 to 4.0)
and for the soils of the KW area sampled at an altitude of 1550-1850 m above sea level. The reaction of
the soils for the MO test area was similar to that of the soils sampled from the KW test area for altitudes
higher or equal to 1550 m above sea level (for the highest absolute heights of the KW). Different values
of soil reaction were observed for the KW test area, from very acidic to alkaline, which is related to the
land cover.

Based on the data from Table 3 concerning the average content of metals in the soils in the study
areas, as well as the background values and the average Earth’s crust, the indices of soil contamination
with metals were calculated. Table 4 and Figure 2 present the values of the given coefficients for soil
samples. Sample numbers from 1 to 8 refer to the samples taken from KW, while numbers 9-13 refer to
the samples taken from MO. On the basis of the conducted research, it can be concluded that in MO
the concentrations of metals in the soil are higher than in KW. This relationship is illustrated by the
coefficients presented below. Another regularity is the decrease in the content of metals in soil samples
with the increase in altitude. This regularity occurs for all collected soil samples, both in KW and MO.

Table 4. Enrichment factors (EFs) for soil samples from the Kasprowy Wierch and Morskie Oko

test areas.
Tested Area Sample No. Cd Cr Cu Ni Pb Zn
1 55 2.1 0.5 0.6 3.7 1.3
2 5.4 1.8 0.5 0.5 3.7 1.3
3 51 1.9 0.5 0.5 4.0 1.2
4 4.3 1.6 0.3 0.3 3.6 1.1
Kw 5 41 1.9 0.3 0.3 3.9 1.2
6 5.0 2.1 0.3 0.4 3.3 1.4
7 3.8 2.0 0.3 0.4 3.1 1.5
8 2.7 22 0.3 0.4 3.5 1.4
9 4.5 1.2 0.5 0.2 43 1.2
10 4.0 1.3 0.5 0.2 4.5 1.1
MO 11 3.9 14 0.5 0.2 4.4 1.0
12 2.7 1.3 0.5 0.1 42 0.8
13 2.7 1.5 0.5 0.1 4.6 0.7
Average 41 1.7 0.4 0.3 3.9 1.2

In Table 4, the values for the enrichment factor (EF) are presented as the first factor. The highest
EF values are for cadmium (about 5) and for lead (about 4) in KW and MO. EF values for other metals
are much lower and do not exceed the value of 2.0, except for Cr, which means that they do not pose a
threat to the environment. The EF for chromium for samples 1, 6, 7 and 8 was greater than or equal
to 2.0 only for KW. Even for Cd and Pb, EF values fall within the range of up to 5, which classifies
them as moderate enrichment. Only in the case of cadmium is there significant enrichment (EF > 5) for
samples 1,2, 3, and 6.

The other calculated index, presented in Table 5, is the geoaccumulation index (Igeo). As in the
case of enrichment factors, this coefficient is highest for cadmium and lead. For cadmium for samples
1,2,3,4,9,10, and 11, and for lead for samples 9 and 10, the Igeo values indicate moderate to strong
contamination. For the other samples, in the case of cadmium and lead, the Igeo values are on the level
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of moderate contamination. For the remaining measured metals, the Igeo index values are very low
(<1), and thus do not indicate strong environmental pollution.

Table 5. Geoaccumulation index (Igeo) for soil samples from the Tatra National Park area (KW and MO).

Geoaccumulation Index (Igeo)

Tested Area Sample No. -

Cd Cr Cu Ni Pb Zn

1 2.63 0.61 —-0.88 -1.07 1.78 0.58

2 2.58 0.37 -0.94 -1.22 1.75 0.53

3 2.35 0.33 -1.13 -1.40 1.73 0.24

4 2.07 -0.03 -1.88 -2.10 1.53 0.07
Kw 5 1.68 -0.02 —-2.08 -2.42 1.32 -0.04
6 1.80 -0.05 -2.49 -2.35 0.94 -0.10
7 1.25 -0.31 —-2.58 —2.58 0.66 -0.15
8 0.56 -0.35 -2.95 -2.84 0.64 -0.42

9 2.58 0.02 —-0.68 -2.51 2.24 0.61

10 2.26 —-0.05 -0.96 -2.71 2.13 0.36

MO 11 2.02 —-0.05 -1.04 -2.70 1.92 0.04
12 1.42 -0.21 -1.13 -3.42 1.79 —-0.28
13 1.25 -0.23 -1.37 -3.63 1.74 —-0.65

The next calculated coefficients indicating the degree of environmental pollution with heavy
metals are the contamination factors (Cf), the degree of contamination (Cq), and modified degree of
contamination (m Cq). The values of these coefficients are presented in Table 6. The highest values of
the Cf > 6 coefficient, indicating very high contamination, were obtained for cadmium (samples No. 1,
2,3,4,9,10, and 11) and for lead (samples No. 9 and 10). The values of the Cf coefficient in the range of
3-6 indicating considerable contamination were obtained for cadmium (samples No. 5, 6, 7, 12, and 13)
and lead (4, 5, 11, 12 and 13). For chromium and zinc, in the case of all the samples, the values of Cf
indicate moderate contamination, and for samples No. 1, 2, 3,9, 10, and 11 the values of the factor are
the highest. For copper and nickel, the contamination factor (Cf < 1) refers to low contamination.

Table 6. Degree of contamination (Cq) and contamination factors (Cf) for soil samples from KW

and MO.
Contamination Factors (C¢)
Tested Area Sample No. : Cq
Cd Cr Cu Ni Pb In

1 9.3 2.3 0.8 0.7 5.2 2.2 20.5

2 8.9 1.9 0.8 0.6 5.0 2.2 19.5

3 7.6 1.9 0.7 0.6 5.0 1.8 17.5

4 6.3 1.5 0.4 0.4 43 1.6 14.4

Kw 5 5.0 15 0.4 03 3.7 15 123

6 5.0 14 0.3 0.3 2.9 14 11.3

7 3.6 1.2 0.3 0.3 2.4 14 9.0

8 2.2 1.2 0.2 0.2 2.3 1.1 7.3

9 9.0 1.5 0.9 0.3 7.1 2.3 21.1

10 7.2 14 0.8 0.2 6.6 1.9 18.1

MO 11 6.1 1.5 0.7 0.2 5.7 1.5 15.7

12 4.0 1.3 0.7 0.1 5.2 1.2 12.6

13 3.6 1.3 0.6 0.1 5.0 1.0 11.5

Average 6.0 1.5 0.6 0.3 4.6 1.6 14.7

The Cq coefficient is the highest in the case of soil samples No. 9, 1, 2, 10, and 3, which indicate a
considerable degree of contamination. Cadmium for samples No. 4, 5, 6, 7, 11, 12, and 13 constitutes
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a moderate degree of contamination. Only one sample (No. 8) with C4 < 8 indicates a low degree
of contamination.

The values of the modified degree of contamination (mCq) coefficient are presented in Figure 2.
The figure shows that the mCqy values are the highest for samples No. 1, 2, 3, 4, and 9, 10 and 11.
These samples are the soil material collected at altitudes of 1100, 1200, 1300, and 1400 m above sea level
in the KW and at altitudes of 1000, 1100, and 1200 m above sea level in the MO. For the above-mentioned
samples, the mCq coefficient is in the range of 2—4, denoting a moderate degree of contamination.
The remaining samples, i.e., samples No. 5-7 (1550, 1650, 1750 m asl), as well as 12 and 13 (1300 and
1400 m asl), for mCq in the range of 1.5-2, indicate a low degree of contamination. Only sample No. 8
(1850 m asl), for mCyq < 1.5, indicates a very low degree of contamination.

1400 MO
1300 MO
1200 MO
1100 MO
1000 MO
1850 KW
1750 KW
1650 KW
1550 KW
1400 KW
1300 KW
1200 KW
1100 KW

Altitude [m asl]
Tested area

0.0 1.0 2.0 3.0 4.0

Modified degree of contamination (mC )

Figure 2. Histogram of the modified degree of contamination (mCq) using Cd, Cr, Cu, Ni, Pb, and Zn
in soil samples from the Tatra National Park. The two vertical lines represent the boundaries between
low (mCqy < 2) and moderate (2 < mCy < 4) degrees of contamination. Morskie Oko tested area is
marked in red, Kasprowy Wierch tested area is marked in blue.

All the calculated coefficients in this study, except for EF, show that there is a trend for the content
of metals in soils to decrease together with an increase in altitude.

4. Discussion

The conducted research concerning the determination of the content of selected heavy metals in
the soils of the Tatra National Park (TNP) showed that, with the increase in the altitude of the terrain,
the concentration of metals in soils decreases. This tendency was observed for all tested metals in the
Kasprowy Wierch and Morskie Oko test areas. A decrease in the metal content in soils in mountainous
regions with an increase in altitude was found by Kubica et al. [11]. The Pb content in the soil at an
altitude of 1720 m asl was lower than the Pb content at altitudes of 1180 m asl and 1355 m asl. Similar
relationships were found for Cr, the content of which in the soil at an altitude of 1720 m asl was lower
than at altitudes of 1000 m asl and 1180 m asl. Miechéwka et al. [13] found a decrease in the Cd content
together with an increase in altitude above the upper forest limit. They observed lower Cd contents for
the altitude range of 1850-2200 m asl than for the altitude range of 1100-1550 m asl. Similar to the
authors, Stobiriski et al. [45] found a decrease in Zn and Cr in the TNP soils together with an increase
in altitude (the Zn content at an altitude of 1852 m asl was almost two times lower than at an altitude
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of 1200 m asl; while the content of Cr at an altitude of 1850 m asl was lower than at an altitude of
1780 m asl). In the area of the Gonga Mountains (Eastern Tibetan Plateau), Bing et al. [46] found the
lowest heavy metal content in soils for the altitude range of 3500-3700 m asl (above the upper limit of
timberline forest). In the case of the conducted research, a similar relationship was observed for the
KW area (in the Tatras, the upper forest limit runs at an average altitude of 1500 m asl).

The determined metal contents in the TNP soils (KW and MO test areas) are similar to those
found by Stobinski et al. [45] for Cr and Zn in the soil samples collected in the High Tatras, and by
Kubica et al. [10] for Cd, Pb, Zn in the soil samples collected in the Koscieliska and Rybi Potok Valleys.
Niemyska-tukaszuk et al. [47] obtained comparable Pb contents for the rankers of the non-forest areas
of the TNP. In the Morskie Oko and Kasprowy Wierch test areas, the contents of Pb and Zn were
found to be almost twice as high as those determined by Wieczorek and Zadrozny [14] in podsol soils
(Podzols) in the TNP area, and by Kubica et al. [11] for Zn in the soils in the Chochotowska Valley.
Similar lower concentrations of the metals Cu, Pb, and Zn were obtained by Skwarylo-Bednarz [48] in
the forest soils of the Roztocze National Park.

The indices calculated in both test areas were not compared with each other due to the local
differences in the geological structure affecting the soil pH. In the case of the MO, the bedrock consists
of acidic crystalline rocks (e.g., granitoids and moraine formations) and the acid reaction of the soil was
found (pH in the range of 3.4-4.0). On the other hand, in the KW area (predominant carbonate rocks,
mainly limestones and dolomites) the acid reaction of soils was found (pH in the range of 4.3-5.2 for
an altitude of 1550-1850 m above sea level) and a slightly alkaline reaction (pH in the range of 7.5-7.8
for an altitude of 1100-1400 m above sea level). The acid reaction of the soil is most likely the result of
the falling of mountain pine needles and has favored the accumulation of metals. We observe high
acidification of soils in the areas located higher, at an altitude of 1550 m above sea level, which may also
result from the impact of long-range emissions on the condition of the natural environment (industrial
and communication pollution, e.g., SO,, CO,, and NOy). It is difficult to compare the results from
the area of the Tatra Mountains with other high-mountain areas, because they are characterized by a
different specificity determined by their geographical location, affecting the climatic and geological
conditions, and also by an often unique type of plant communities (in the mountains that change
zonally). The vicinity of high-mountain areas is also diversified in terms of land use, e.g., the range and
intensity of impact of industrial, communication and highly urbanized areas. Therefore, the impact
of the anthropogenic factor on mountain areas will be incomparable. Hence, the authors limited the
comparison of their research results to the results of works from the same area.

The tests carried out in the MO and KW test areas showed that, among the six metals determined,
the highest concentrations in the soil were found for cadmium and lead. This is owing to the small
diameter of the particles of both elements and, consequently, the long duration of their lingering in
the atmosphere. Such particles are easily transported, in the direction of prevailing winds, over long
distances, up to 100-200 km (long-range emission). In the case of the studied areas (the Tatra National
Park), taking into account the dominant south-western direction of winds, the content of metals in soils
may be influenced by emissions from nearby countries, i.e., the Czech Republic and Slovakia, as well as
from the Upper Silesian agglomeration. During their research in the Morskie Oko region, they found a
high impact of long-range emissions on the content of heavy metals in soils and plants [49]. At the
same time, they pointed out the slight influence of local pollution sources (including hotels, transport).
The sampling sites were more exposed to the effects of long-range emissions as they are located on
the northern slope of the Tatra Mountains. Long-range emission contributes to metal contamination
of important natural areas and is currently a problem not only on a local (national), but also global
(world) scale. Therefore, when examining environmental pollution with heavy metals, one should also
take into account the emissions from neighboring areas, according to the prevailing wind directions.
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5. Conclusions

The studied coefficients helped to determine the degree of anthropogenic impact on different
natural environments of Poland, according to their altitude. The highest values of the calculated
coefficients, i.e., the greatest impact of human activity on the environment, were found in the case
of cadmium and lead. For the other elements (Cr, Cu, Ni, and Zn), the calculated coefficients were
low, which proves that the environment was not contaminated with these metals at all, or only to a
small degree. Long-range emissions influence the increased content of heavy metals in the TPN soils.
The height above sea level, as well as the proximity of the main mountain ridge, affects the spread
of pollution. Specific terrain conditions affect the increase in wind velocity, therefore, soils at higher
altitudes and closer to the ridge contained fewer metals than those located lower and further from
the ridge.
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Abstract: Pollution indices are used to assess the influence of the bedrock as a natural source of
heavy-metal (HM), and anthropogenic pollution from ore mining in soils developed from ore-bearing
carbonates. The research was conducted in two areas differing in geological setting and type of
land use in the Upper Silesia Industrial Region, Southern Poland. Physical properties such as pH,
total sulfur, total carbon and total organic carbon values, as well as total Zn, Pb, and Cd contents
(ICP-OES) for 39 topsoil samples were measured. Contamination factor (Cy), degree of contamination
(Caeg), pollution load index (PLI) and geoaccumulation index (Ige), were used to determine the
deterioration of topsoil due to HM pollution. The HM content exceeded geochemical background
levels by 2.5-18.1 times. Very high to moderate topsoil contamination was determined. In a shallow
historical mining zone, the relative influence of particular HM was found to be in the order of Pb >
Cd > Zn and, in a deep mining zone, Zn > Cd > Pb. In the topsoil developed over shallow ore bodies,
the HM content was mainly (60%) due to naturally occurring HM. In the area of deeply buried ore
bodies, 90% of the HM load was related to anthropogenic sources. Zn, Pb and Cd vertical distributions
and the patterns of topsoil pollution differ in terms of types of mined ores, mining methods and
times elapsed since mining ceased. Pollution indices are an efficient tool for distinguishing soil
anthropogenic pollution and geogenic contamination.

Keywords: pollution indices; heavy metals; soil contamination; geogenic and anthropogenic origin

1. Introduction

Heavy metals (HM) in the environment originate from geological, industrial, agricultural,
atmospheric, and waste sources. Soil is one of the most important environmental components at risk of
HM contamination as a result of anthropogenic activities. A high concentration of HMs and metalloids
(Zn, Pb, Cd, As, T, etc.) can be found in and around active and abandoned mines or smelting
plants [1-3] due to the emission and dispersion of pollutants into air [4,5], water [6,7], soil [8-17],
plants [4,18-22], and fauna [23,24]. The global average concentration of HMs in soils varies for Zn
(10-300 mg-kg_l), Pb (10-150 mg-kg_l) and Cd (0.06 mg-kg_l) [25]. In general, the HM concentrations
in soils are increasing over time, and the highest concentrations are observed in industrial cities,
due to traffic, power plants, and other industrial activities [25]. Soil contains baseline or background
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concentrations of HM. The HM content is determined by the composition of the parent rock material
from which the soil is derived.

The effective assessment of soil HM contamination is an important global issue [10,25-29].
Indicators for the geochemical assessment of the soil environment include contamination factor
(Cp), degree of contamination (Cge), pollution load index (PLI), and geoaccumulation index (Ige).
These indicators enable the estimation of environmental risk and soil degradation due to accumulation
of HMs [28-30]. Moreover, they facilitate differentiation between the accumulation of HMs produced
by natural processes and anthropogenic activities (e.g., [31]). Essential to any assessment of the degree
of soil contamination is the selection of an appropriate reference value. Although this issue has already
been widely discussed [26,32-36], there is still a lack of unambiguous methodological findings.

The aim of the current study is to assess the quality of soil developed from Zn-Pb ore-bearing
carbonates, in terms of (1) the influence of the bedrock, as a natural/geogenic source of HMs, and (2)
anthropogenic pollution from ore mining and processing. We attempted a source apportionment of
HMs (Zn, Pb, Cd) based on the pollution indices and using the local/on-site geochemical background.
The research was carried out on the topsoil layers that are usually expected to accumulate trace
elements of anthropogenic origin.

The main novelty of our work consists in taking into account data linking the indices to a
broader geological context and mining history which has scarcely been published. We compare two
areas located in the same Zn-Pb MVT-type deposit, which differ in terms of types of mined ores,
ore-body depth, mining method and the time of mining cessation. The presented approach can be
applied to the analyses of environmental risk and HM source apportionment in the abandoned mining
sites worldwide.

2. Study Area

Two areas located in the north-east part of the Upper Silesia Basin (Figure 2) in the Dlugoszyn
and Wilkoszyn Synclines in Jaworzno City were chosen for the study. Both synclines belong to the
superior synclinorial structure with an NW-NE trending axis resulting from the Alpine orogenic
movements. The inclination of the rock layers varies from 4° to 15° NW in the Dlugoszyn Syncline,
and from 4° to 20° SE in the North-West limb of the Wilkoszyn Syncline. These tectonic structures
comprise the Middle Triassic carbonate formation, which is composed of dolomites, limestones,
and marls. The carbonate rock profile is partially altered due to the epigenetic fluid flow resulting in
dolomitisation [37]. The Zn-Pb mineralisation followed the dolomitisation episode, which developed
the ore-bearing dolomites with Zn-Pb ore deposits [38]. The Zn-Pb ore deposits in the area belong to the
stratabound type. The ore minerals (galena, sphalerite, pyrite, marcasite, and secondary nonsulfides)
form bodies of varying horizontal- and vertical extension ranging from several tens of centimetres up
to several tens of meters. They consist of metasomatic-, dispersed- and cavity-filling-ores, the latter
including crusted-, veined-, drusy- and breccia varieties [39]. Most of the ore bodies have a typical
tabular form concordant with the rock bedding. The boundaries between the ore-bearing dolomites
and the host carbonate rocks are rarely defined, but more commonly form a broad transition zone into
weakly mineralized dolostones.

The areas selected for the study vary in terms of the geological setting. In the Dlugoszyn area
(see point 1 in Figures 1 and 2), the ore-bearing dolomites occur near the surface (0-1 m), while in
the Wilkoszyn syncline (see point 2 in Figures 1 and 2) the ore bodies occur at a depth of 20 to 90 m.
The relatively shallow occurrence of ore mineralisation favours the development of mining. There is
evidence of outcrop and underground Zn-Pb ore mining and smelting from the 12th [40] to the 20th
century. The shallow ore exploitation in the Dlugoszyn area was completed at the end of the 19th
century, while the deep mines and processing plants in the Wilkoszyn area were abandoned in the
middle of the 20th century [41,42]. There is evidence of the historical mining and industrial activity in
the landscape of the town [43]. Local ore mining left its mark on natural habitats impacting air [44],
water [45,46] and soil [2,3,47—49] quality and imposing imprints onto flora [50,51] and fauna [52,53].

56



Minerals 2020, 10, 1140

Wilkoszyn Syncline

ma.s.l

350 = Dlugoszyn Wilkoszyn
3 =
g §
300 g 4
o
250
200 -
150
100
50 -
Pleistocene I Permian
E==3 Neogene, paleogene [ Carboniferous
[ Keuper River
[ Muschelkalk [——] Fault
B Rot [@» =] Ore bodies

Figure 1. Schematic geological cross-section of the study area showing location of ore bodies, without
Quaternary sediments (after [54]).
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Figure 2. Geological context of the study area, without Quaternary sediments (after [54]).

3. Material and Analytical Methods

To investigate the relationship between the ore-bearing bedrock and content of HMs (Zn, Pb,
and Cd) in the soils (mostly skeletal Rendzic Leptosol), 15 soil profiles were studied (Figure 3).
We tried to select homogenous soil profiles. Each soil profile was divided into separate horizons,
providing 54 soil samples. Only the topsoil layers (up to 30 cm depth), characterised by the highest
concentrations of HM, were considered further; these are represented by 39 soil samples in Table 1.
Moreover, bedrock specimens (from each study area) were sampled and analysed to evaluate the
local/natural chemical pedogenic enrichment.
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Table 1. Geochemical properties of the topsoil samples. D—Dlugoszyn area, W—Wilkoszyn area.

. ) Sample  Depth TC  TOC TS HM Content [mg-kg™1]
Sample Point P P H
P Coordinates  \imber  [eml  F %] 1% (%] Zn b cd
50°1419.2” N a 0-2 640 1008  9.83 011 332984 1674+30  37.58+327
D]‘ o ’ : 77
19°1430” E b 225  7.04 329 2.78 003 3319+79 1877+39 3240+ 1.63
a 0-2 426 2092 2092 014  701+17 3416 11.75 + 0.56
o 50°14/58.5” N b 2.9 526 9.88 9.88 0.08 907 + 8 353 +3 14.72 £ 0.36
19°14718.7" E c 9-19 6.23 1.35 1.35 0.01 482 + 48 97+ 10 454 + 046
d 1926 7.4 021 0.20 000  277+30 55+8 214 %027
a 0-3 604 2201 2122 013  1438+66  234+12 7.46 + 0.51
D3 5109001152 /72§EN b 311 665 989 738 004 120114  329:02  1129%0.05
¢ 1122 7.03 2.06 172 001 117021 248+03 699 0.07
0-2 6.41 8.55 8.50 007  1113+12  275+3 9.59 + 0.45
D4 51‘)9°011Z' /73; g b 2-14 671 714 628 007  1037+16 26948 9.50 +0.13
c 1434 691 141 1.39 001  937+23  227+6 8.11+03
02 555 2312 2312 017  926+32 28311  10.46 + 047
D5 50°1518.2” N b 214 606 7.16 7.16 007  797+18 267 +2 10.45 + 0.04
19°14/25.6" E
c 1419 596 0.20 020 0.00 68+8 18+2 031 +0.01
50013361 N a 02 6.74 576 5.76 006 297545 4402 26.83 + 0.23
w1 01 rraR A
19°16'48.3" E b 2-18 6.97 3.40 3.40 0.04 3077 + 54 456 + 1 27.66 + 0.13
50°1336.2" N a 02 693 1157 1108 010  1861=4  673+8 14.45 £ 0.25
w2 o
19°16'58.1” B b 217 736 6.24 507 005 18319  711+6 11.86 + 0.19
a 0-2 6.34 922 9.22 007 245534 885+13  17.93+0.14
w3 E{gﬁi?? b 212 667 747 747 007  2761+34 1035418  2144+034
‘ c 1224 669 0.68 0.68 001  1388+2  658+14 330+ 0.01
a 02 674 1389 1384 012  1956+3  329+19 1370+ 1.06
w4 50°18'27.7” N b 220 7.08 7.11 7.10 007 25479 502+ 6 20.57 + 0.30
19°16'44.5” E
c 2030  7.10 2.03 2.03 002 277127  328+3 12.59 + 0.31
a 0-2 7.05 3.49 349 004  1063+9 4032 7.42 £ 0.05
W5 50°13'27.8” N b 2-18 7.24 3.65 3.65 0.04 1052+ 6 400+ 14 732 +0.30
19°16'35.4” E
c 1828  7.60 0.83 0.82 001 112448  207+8 439 +021
50°139" N a 0-3 6.21 2.04 2.04 002  630+15  290+4 6.28 +0.29
Wé o121
19°16'11” E b 311 640 1.65 1.65 002 58317  275+5 434 +0.01
a 0-3 699 633 611 007  1063+11 2891 581 +0.14
w7 15901155861\]2 b 3-19 7.00 3.79 3.70 0.05 1169 + 1 307 +2 7.09 + 0.02
c 1926 7.20 145 117 001 639 = 1 18+1 234+ 0.01
01315 N a 04 647 344 344 004  1003+3 2421 438 + 0.03
W8 oqmrmpn
19°15'56” E b 420 650 278 2.78 003 10807  298+1 6.05 % 0.02
50°1315” N a 0-3 6.01 1.59 1.59 0.02 480+ 9 146+ 5 3.90 + 0.04
W9 01011y
19°16'10” E b 3-13 6.12 1.60 1.60 0.02 497 +2 169 + 1 3.95 + 0.01
01325 N a 0-3 6.53 234 234 0.02 652+7 207 +2 3.71+0.01
W10 155
19°15'59” E b 317 656 231 231 0.03 727 +3 219+ 1 420 +0.02

Prior to the analysis, the soil samples were oven-dried at 105 °C to constant weight, sieved to
2 mm through a stainless-steel sieve, and milled into a fine powder, while the bedrock samples were
crushed and ground. The soil pH was determined using a 1:5 (g:mL) ratio of soil and 1 M KCl solution,
with pH meter ELMETRON CP-315 m. The concentration of total carbon (TC), total organic carbon
(TOC), and total sulfur (TS) were determined using an Eltra CS-530 IR-analyser with a TIC module.
In order to determine the total content of Zn, Pb, and Cd, the soil and rock samples were wet digested
in a closed system in a mixture of 6 cm® of concentrated nitric acid (65% Suprapur), and 2 cm? of
hydrochloric acid (30% Suprapur). Digestion proceeded with the use of a Perkin Elmer Multiwave
3000 Microwave Digestion, in two steps according to the program of mineralisation recommended
by the manufacturer—power: 1400 W, recovery time: 5 min, hold: 25 min in the first step, 10 min
in the second, fan speed: 1 in the first step, 3 in the second. After mineralisation, the samples were
transferred to measuring flasks (10 cm®) with a 1% solution of Suprapur nitric acid. The HM content
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in the prepared solution was determined using an atomic emission spectrometer ICP-OES Optima
7300 Dual View Perkin Elmer. Each sample was analysed twice. The quality control procedure was
performed using internal laboratory standard for soil material. The percentage recovery for observed
elements ranged from 86.5% to 100% (Supplementary Materials Table S1). The ICP-OES analyses were
performed at the Department of Agricultural and Environmental Chemistry, University of Agriculture
in Krakow.
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Figure 3. Characteristic examples of studied soil profiles in elevated- (profile D5) and buried (profile
W3) ore-bearing dolomitic areas (photographs: T. Hulok).

The phase composition was provided by X-ray diffraction (XRD). The analyses were performed
on powdered samples using a PANalytical X'Pert Pro MPD (multipurpose diffractometer) powered
by a Philips PW3040/60 X-ray generator and fitted with a 1D silicon strip detector (X'Celerator).
The measurements were performed using Co K«-radiation with a wavelength of 0.1789010 nm,
an acceleration voltage of 40 kV, a current of 40 mA, and with 0.02° 20 step sizes between the angles
of 5° and 70° 26 and a 300 s measurement time per step. The data obtained were processed using
HighScore+ software and the ICSD database and PDF4+ ICDD database. All XRD analyses were
performed at the Institute of Earth Sciences, Faculty of Natural Sciences, University of Silesia, Sosnowiec.
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4. Soil Pollution Assessment

The concentration of HMs in the soil is related either to the natural abundance if they come
from parent rocks or the anthropogenic load if they come from mining- and processing activities.
The distinction between the background of the site level and the pollution load is essential to determine
the nature of any anomaly, especially in industrial areas such as the selected study area.

The HM contamination in the soil samples is evaluated by applying the Cy, Cjeq, PLI, and Igeo.

The Cyis employed to determine the degree of soil pollution with a particular potentially toxic
element. The calculation of this factor follows Hakonson'’s [55] definition (Equation (1)):

CHm
Cr =g, M)
where Cp is the HM concentration in soil samples (mg-kg_l) and Cp is reference concentration of
HMs in soil in the study area (mg-kg~!). According to Hakonson [55], four contamination categories
can be distinguished: Cf <1, low; 1< Cf < 3, moderate; 3 < Cf < 6, considerable; and Cf > 6,
very high contamination.

The estimation of the degree of total contamination of surface layers in a particular core or
sampling site was proposed by Hakanson [55] as a sum of the Cf for each sample, or Cy,, (Equation (2)):

i=n
Cacg = ), Cp, @
i=1

The classification of the Cye, in sediments is as follows [55]: Cgeg < 6, low; 6 < Cgee < 12, moderate;
12 < Cgeq < 24, considerable; and Cgee > 24, high.

The status of the HM pollution in the studied soils is assessed through the PLI [56]. The PLI is
calculated by obtaining the n-root from the product of n- Cy s for all the HMs, where n is the number of
HMs studied (Equation (3)):

PLI = Q/(CFHMl XCFHMQ....XCFHMW), (3)

A PLI value < 1 indicates minimal or no metal pollution, a PLI = 1 indicates that the level of
pollutants is equal to the baseline content of HM, whereas PLI > 1 means that there is pollution and
the value indicates the severity of the pollution. For the latter case, Zhang et al. [57] classify soils into
the following five categories: 1 < PLI < 2, moderately; 2 < PLI < 3, moderately to highly; 3 < PLI < 4,
highly 4 < PLI < 5, very highly; and PLI > 5, extremely polluted.

The Iz proposed by Miiller [58] is a common criterion to evaluate the HM pollution in
sediments/soil. It is defined as follows (Equation (4)):

C
Igeo = l"gz(l 5HéAB

) (4)

where Cpy is the HM concentration in soil samples (mg~kg_1) ; Cp is reference concentration of HMs in
the soil in the study area (mg-kg™!), and factor 1.5 is incorporated in the relationship to account for
possible variation in background data due to the lithogenic effect. Miiller [58] distinguished seven
classes of soil quality based on HM enrichment: Class 0-Igeo < 0, uncontaminated; Class 1-0 < I, <1,
uncontaminated to moderately; Class 2-1 < I, < 2, moderately; Class 3-2 < Igep < 3, moderately
to highly; Class 4-3 < I, < 4, highly; Class 54 < I, < 5, highly to extremely; Class 6-I¢,, > 5,
extremely contaminated. o, Class 0 suggests the lack of contamination, while the highest Class 6
shows the extreme enrichment of the HMs relative to background values.

The above reference concentration, symbolised as Cp, depends on the local natural conditions,
and differs widely from one geologic unit to another. The metal background depends on the
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composition of the parent rock from which the soil was derived [13]. Thus, use of Clark values or
off-site reference methods are obviously not appropriate, especially in assessing weakly contaminated
sites [34]. The on-site reference value is more specific and sensitive in the case of trace-element soil
contamination [33]. Because of the bedrock of ore-bearing dolomites in the research area, we decided to
use the HM content in the carbonate bedrock (Table 2) as a local reference value. In addition, three more
off-site reference values (Table 2) were applied to further define the role played by different sources in
the topsoil contamination detected.

Table 2. HM concentrations in topsoil samples and baseline CB values (mg-kg~! dry weight).

Sample Weighted Arithmetic Mean .
Point (mg-kg-1 Dry Weight) Statistical Parameters
Zn Pb Cd Zn Pb Cd
D1 3320 1861 32.82 min. 68 18 0.31
content
D2 558 173 7.19 max. 3329 1877  37.58
D3 1251 275 gep ~ eightedarithmetic .0, 550 13.01
mean
D4 982 244 8.69 median 937 269 9.59
D5 619 203 7.73 standard deviation 910 535 9.83
coefficient of 77 123 8329
variation [%]
W1 3066 454 27.57
W2 1159 492 7.04
W3 1032 361 4.14
W4 2582 432 17.45 Zn Pb Cd
W5 1054 340 7.34 min. 480 118 2.34
content
W6 595 279 4.87 max. 3077 1035  27.66
w7 1014 254 5.66 weighted arithmetic 5 410 1043
mean
W8 1149 331 4.43 median 1102 317 6.68
W9 287 87 2.29 standard deviation 849 232 7.53

W10 714 217 411 coefficient of 1102 317 6.68
variation [%]

baseline Cg values

Zn Pb Cd
1 552 61 3.41 carbonate bedrock for Dlugoszyn area
2 86 81 1.22 carbonate bedrock for Wilkoszyn area
3 104 44 1.30 median for topsoil for S Poland [59]
4 200 84 2 median for topsoil in Cracow-Silesia region [60]
5 48 15 0.15 median for topsoil in Europe [61]

5. Results and Discussion

The pH values of the soil in the Dlugoszyn area (Table 1) fluctuate between 4.26 and 7.24 (median
6.57), while in the Wilkoszyn area, the pH varies from 6.01 to 7.6 (median 6.77), indicating that the
examined soil samples are extremely acidic to slightly alkaline, but mostly neutral. Generally, the pH
value decreases with depth. The TOC values obtained for the soil range from 0.2% to 23.12% (median
1.72%) in the Dlugoszyn area and from 0.68% to 13.84% (median 2.04%) in the second study area,
while TS varies from 0 to 0.14% (median 0.01%) and 0.01 to 0.12% (median 0.02%), in the two study
areas, respectively (Table 1). Both parameters diminish with depth. The TOC levels observed are
characteristic for rendzina skeletal soils.
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The concentrations of Zn, Pb, and Cd in the soil differ significantly between the elevated
(Dlugoszyn) and buried (Wilkoszyn) ore-bearing dolomite areas (Table 2). The Dlugoszyn soil samples
contain 68-3329 mg-kg™' d.m. of Zn, 18-1877 mg-kg~! d.m. of Pb, and 0.31-37.58 mg-kg~! d.m. of
Cd, with weighted arithmetic means 1351 mg-kg™! d.m., 550 mg kg~! d.m., and 13.01 mg-kg™' d.m.,
respectively. The pollution load of the same elements in the Wilkoszyn area ranges as follows:
480-3077 mg'kg‘1 d.m. for Zn, 118-1035 rng-kg‘1 d.m. for Pb, and 2.34-27.66 rng-kg_1 d.m. for
Cd, with weighted arithmetic means 1549 mgkg~! d.m., 410 mg-kg~' d.m., and 10.43 mg-kg~! d.m.,
respectively. For the soil derived from ore-bearing dolomites occurring close to the surface in the
Dlugoszyn area, the mean concentrations of the studied metals exceed 2.5-, 9- and 3.8-fold of the
Zn, Pb, and Cd content in bedrock, respectively. For the soil developed in the Wilkoszyn area from
deeper ore-bearing dolomites, the mean values calculated are 18.1- (for Zn), 5.1- (for Pb), and 8.6-fold
(for Cd) higher than the baseline level (compare Table 2), indicating intensive soil contamination in
both study areas.

The main crystalline phases in the topsoil are in the 79.5-84 wt.% (Table 3) represented by quartz
(Figure 4). Goethite is abundant, especially in the Wilkoszyn area (11.5 wt.%). The large concentration
of dolomite (3-5%), and some calcite (to 0.5 wt.%) were also detected. The K-feldspars (microcline and
orthoclase), albite, plagioclases, and kaolinite occur there as the accessory minerals. The low-crystalline
goethite (7.16A in Figure 4), is accompanied by amorphous iron oxides or sulfides (marcasite,
hematite—2.695 A) and/or iron oxide/hydroxide. Additionally, the pyroxene (augite-diopside) or
spinel Zn-Al-Fe family phases were documented by diffraction peak 4.675 A.

Table 3. Semiquantitative mineralogical analysis of XRD results.

DA WA
Mineral Name rea rea
[%]
Quartz 84.0 79.5
Dolomite 45 3.0
Goethite 0.5 115
Microcline 3.0 2.5
Orthoclase 3.0 1.0
Albite 2.5 2.5
Kaolinite 2.0 -
Calcite 0.5 -
Q
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2}
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Figure 4. XRD patterns of topsoil from D-Dlugoszyn (red line) and W-Wilkoszyn (blue line) area.
Symbol explanations: C—calcite, D—dolomite, F—feldspars, G—goethite, Q—quartz.
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On the basis of the trace-element contents of the sampled soil, the natural concentration and
the contamination from anthropogenic sources cannot be distinguished. To assess the degree
of anthropogenic influence on the soils, the selected pollution indices (Cf, Cgeq, PLI, and Ige)
were calculated.

The Cr was calculated for each soil sample relative to the bedrock value for both study areas
(Table 2). The Cf of Zn, Pb, and Cd in the Dlugoszyn area is in the range of 1.0-6.0, 2.8-30.6, and 2.1-9.6,
with a mean value of 2.4, 9.1, and 3.8, respectively (Table 4). This indicates considerable to very
high (80% of results for Pb) and moderate to considerable (100% for Zn and 80% for Cd) topsoil
contamination level (Table 5). In the Wilkoszyn area, Cy has values of 6.9-35.8, 1.1-6.1 and 1.9-22.6 for
Zn, Pb, and Cd, respectively, with a mean value of 14.8, 4.1, and 7.0, respectively (Table 4). Such C¢
levels point to considerable to very high contamination degree with Zn (100% of results) and Cd (90%),
and moderate to considerable pollution with Pb (80%) (Table 5).

Table 4. Assessment of HM pollution indices in studied topsoil in relation to the local carbonate bedrock
in the D-Dlugoszyn and W-Wilkoszyn areas as a background value.

Sample Point Cr Cieg PLI Igeo

Zn Pb Cd Zn Pb Cd

D1 6.0 30.6 9.6 46.2 12.1 2.0 4.3 2.7
D2 1.0 2.8 2.1 6.0 1.8 -0.6 0.9 0.5
D3 2.3 4.5 2.5 9.3 3.0 0.6 1.6 0.8
D4 1.8 4.0 2.5 8.3 2.6 0.2 14 0.8
D5 1.1 3.3 2.3 6.7 2.0 -0.4 1.2 0.6
W1 35.8 5.6 22.6 64.0 16.5 4.6 1.9 3.9
W2 13.5 6.1 5.8 25.4 7.8 3.2 2.0 1.9
W3 12.0 4.5 34 19.9 5.7 3.0 1.6 1.2
W4 30.1 5.3 14.3 49.8 13.2 4.3 1.8 3.3
W5 12.3 4.9 6.0 23.2 7.1 3.0 1.7 2.0
W6 6.9 34 4.0 14.4 4.6 2.2 1.2 14
W7 11.8 3.1 4.6 19.6 5.6 3.0 1.1 1.6
W8 13.4 4.1 3.6 21.1 5.8 3.2 14 1.3
W9 3.3 1.1 1.9 6.3 1.9 1.2 -0.5 0.3
W10 8.3 2.7 34 14.4 4.2 2.5 0.8 1.2

In bold—strongly contaminated.

The Cye index determines the degree of overall contamination of a particular sample in the study
areas. Based on the Cg,, (see Tables 4 and 5), 80% of the calculated values for the Dlugoszyn samples
are recognised as moderately contaminated, while 20% are very highly contaminated. In the Wilkoszyn
samples, 60% indicate very high (30%) and moderate (10%) pollution of the topsoil (Table 5).

The PLI indicates deterioration of the soil quality due to metal pollution. In the current study,
the PLI obtained for the Dlugoszyn samples indicates moderate (20% of results), moderate to high
(40%), high (20%) and extreme (20%) topsoil pollution (Table 5), with values ranging from 1.8 to 12.1,
and mean equal to 4.3 (Table 4). In the Wilkoszyn samples, the PLI values range from 1.9 to 16.5, with a
mean of 7.2 (Table 4) pointing to extremely (70% of results), very high (20%), and moderately (10%)
polluted topsoil (Table 5).

The pollution indices indicate the moderately to extremely high level of topsoil contamination
and reveal a difference in the level of topsoil contamination between the study areas (Table 5).
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Table 5. Percentage of class distribution of topsoil pollution for indices considered. D—DIlugoszyn
area, W—Wilkoszyn area.

Pollution Index Classes of Soil Quality Studied Area
D w
Zn Pb Ccd Zn Pb Ccd
Cr[%] very high contamination 0 20 20 90 10 20
considerable contamination 20 60 0 10 70 70
moderate contamination 80 20 80 0 20 10
low contamination 0 0 0 0 0 0
Ceg [%] very high contamination 20 30
considerable contamination 0 60
moderate contamination 80 10
low contamination 0 0
PLI [%] extremely high pollution 20 70
very high pollution 0 20
high pollution 20 0
moderate to high pollution 40 0
moderate pollution 20 10
unpolluted 0 0
Lgeo [%] Class 6 extremely polluted 0 0 0 0 0 0
Class 5 highly to extremely polluted 0 20 0 20 0 0
Class 4 heavy polluted 0 0 0 50 0 0
Class 3 moderately to heavily polluted 20 0 20 20 10 30
Class 2 moderately polluted 0 60 0 10 70 60
Class 1 unpolluted to moderately polluted 40 20 80 0 10 10
Class 0 unpolluted 40 0 0 0 10 0

The Igeo ranges from —0.6 to 2.0 for Zn, with a mean value of 0.4; 0.9 to 4.3 for Pb, with a mean
value of 1.9, and 0.5 to 2.7 for Cd, with a mean value of 1.1 in the Dlugoszyn area (Table 4). The values
of Igeo for HMs decrease in the sequence Pb > Cd > Zn. The results classify the area as highly polluted
with Pb and moderately polluted with Zn and Cd (Table 5). In contrast, in the Wilkoszyn area, the Igeo
varies widely from 1.2—4.6 for Zn, with mean value 3.0; —0.5-2.0 for Pb, with mean value 1.3 and
0.3-3.9 for Cd, with mean value 1.8 (Table 4). The HM pollution follows the order Zn > Cd > Pb.
Using Igeo, we can determine the potential source of pollution. The Ige, values obtained for the elevated
ore-bearing dolomites in the Dlugoszyn area indicate mainly baseline levels of pollution for Zn and Cd,
as 80% Zn and 80% Cd belong to Classes 0 and 1. The only exception is pollution with Pb (see Table 5).
Most of the Zn and Cd are derived from geogenic sources, and most of the Pb (80%) is derived from
anthropogenic sources. As such, in the Dlugoszyn area, the deterioration in soil quality is due to Pb. In
the Wilkoszyn area, with buried ore-bearing dolomites, moderate to heavy pollution by Pb and Cd is
observed, as 80% Pb and 90% Cd belong to Class 2 and 3 (Table 5). Heavy to extreme pollution by
Zn is identified, as 70% Zn belongs to Class 4 and 5 (Table 5). Based on these results and the fact that
concentrations of HMs decrease with depth, the HMs in the topsoil of the Wilkoszyn location is of
anthropogenic origin. The graphical model of HM immissions into the topsoil of the Dlugoszyn and
Wilkoszyn areas is presented in the Figure 5, while the complete set of soil profiles studied is put into
the Supplementary Materials (Figure S1).

When calculating pollution indices, the selection of an appropriate reference value is an important
and complicated issue. Opinions about the best value to use are divided. Some researchers favour
the trace-element contents in the deeper soil horizon [32,36,62] or the average values in soil from
the study area [30,63] as correct. Others consider the trace-element contents in the bedrock [64,65]
as best. The accuracy and sensitivity of the on-site reference value in identifying trace-element soil
contamination was evaluated by Desaules [33]. The specific geological setting of both study areas
forced us to calculate the selected pollution indices with reference to the bedrock.
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Figure 5. Graphical model of anthropogenic (red arrows) and geogenic (green arrows) HM immissions
into the topsoil of the D-Dlugoszyn and W-Wilkoszyn areas.

We also take off-site reference values defined as the median for topsoil in (1) the Cracow-Silesia
region [60], (2) S Poland [59] and (3) Europe [61] into consideration. Outcomes of these examination
are listed in Tables 6-8. In applying the off-site reference values to topsoil in the area where shallow
ore-bearing dolomites occur (the Dlugoszyn area), a significantly higher degree of contamination is
observed. Additionally, anthropogenic sources are mainly responsible for the HM presence in the soil.
The percentage of class distribution shows (Tables 6-8) that 80-100% of Igeo values belong to classes 2-6.
The only exception refers to Pb when the S Poland median value is used. In the case of deeper situated
Zn-Pb mineralization (the Wilkoszyn area), comparable results were obtained using the off-site and
on-site reference values. Significant differences were noted when the reference value for European
topsoil was considered. Using the latter reference value, the extremely high soil contamination (Cf, Cdeg)
here is attributed mainly to human activity (Ig.,; see Table 8). In our opinion, and especially in the
case where the ore-bearing dolomite is near surface, use of the local reference value to assess topsoil
contamination provides more reliable results than use of off-site reference values.

Table 6. Assessment of HM pollution indices in studied topsoil in relation to the median for topsoil in
the Cracow-Silesia region as a background value [60].

Sample Point Gy Cieg PLI Igeo

Zn Pb Cd Zn Pb Cd

D1 31.9 42.3 25.2 99.5 324 4.4 4.8 41
D2 5.4 3.9 5.5 14.8 4.9 1.8 14 19
D3 12.0 6.3 6.6 24.9 7.9 3.0 21 21
D4 9.4 5.6 6.7 21.7 7.1 2.7 19 2.2
D5 5.9 4.6 5.9 16.5 5.5 2.0 1.6 2.0
W1 29.5 10.3 21.2 61.0 18.6 4.3 2.8 3.8
W2 111 11.2 5.4 27.7 8.8 2.9 29 1.9
W3 9.9 8.2 3.2 21.3 6.4 2.7 2.5 1.1
W4 24.8 9.8 134 48.1 14.8 4.0 2.7 3.2
W5 10.1 9.1 5.6 24.9 8.0 2.8 2.6 19
We 5.7 6.3 3.7 15.8 5.1 1.9 2.1 1.3
W7 9.7 5.8 4.4 19.9 6.3 2.7 19 1.5
W8 11.0 7.5 3.4 22.0 6.6 2.9 2.3 1.2
W9 2.8 2.0 1.8 6.5 2.1 0.9 0.4 0.2
W10 6.9 49 3.2 15.0 4.7 2.2 1.7 1.1

In bold—strongly contaminated.
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Table 7. Assessment of HM pollution indices in studied topsoil in relation to the median for topsoil in
S Poland as a background value [59].

Sample Point Gy Cieg PLI Igeo
Zn Pb Cd Zn Pb Cd
D1 16.6 22.1 16.4 55.2 18.2 3.5 3.9 3.5
D2 2.8 2.1 3.6 8.4 2.7 0.9 0.5 1.3
D3 6.3 3.3 4.3 13.8 4.5 2.1 1.1 1.5
D4 4.9 29 4.3 12.2 4.0 1.7 1.0 1.5
D5 3.1 24 3.9 9.4 3.1 1.0 0.7 1.4
W1 5.4 13.8 15.3 34.5 10.5 34 1.9 3.2
W2 5.9 3.5 5.8 15.2 4.9 2.0 2.0 1.2
W3 4.3 2.1 5.2 11.5 3.6 1.8 1.5 0.5
W4 5.1 8.7 12.9 26.8 8.3 3.1 1.8 2.5
W5 4.8 3.7 5.3 13.7 4.5 1.8 1.7 1.3
W6 3.0 3.3 24 8.7 29 1.0 11 0.7
W7 5.1 3.0 2.8 10.9 3.5 1.8 1.0 0.9
W8 5.7 3.9 22 11.9 3.7 1.9 14 0.6
W9 1.4 1.0 11 3.6 1.2 -0.1 -0.5 -04
W10 3.6 2.6 2.1 8.2 2.7 1.3 0.8 0.5

In bold—strongly contaminated.

Table 8. Assessment of HM pollution indices in studied topsoil in relation to the median for European
topsoil as a background value [61].

Sample Point Cr Cieg PLI Igeo

Zn Pb Cd Zn Pb Cd

D1 69.2 124.0 218.8 412.0 1234 5.5 6.4 7.2
D2 11.6 11.5 47.9 71.1 18.6 3.0 2.9 5.0
D3 26.1 18.4 57.4 101.9 30.2 4.1 3.6 5.3
D4 20.5 16.3 57.9 94.7 26.8 3.8 34 5.3
D5 12.9 13.5 51.5 78.0 20.8 3.1 3.2 5.1
W1 63.9 30.3 183.8 278.0 70.9 5.4 4.3 6.9
W2 24.2 32.8 46.9 103.9 33.4 4.0 4.5 5.0
W3 21.5 24.1 27.6 73.2 24.3 3.8 4.0 4.2
W4 53.8 28.8 116.4 199.0 56.5 5.2 4.3 6.3
W5 21.9 26.7 48.9 97.5 30.6 3.9 4.2 5.0
W6 12.4 18.6 32,5 63.5 19.6 3.0 3.6 4.4
W7 21.1 16.9 37.8 75.8 23.8 3.8 3.5 4.7
W8 23.9 22.0 29.6 75.5 25.0 4.0 3.9 4.3
W9 6.0 5.8 15.3 27.0 8.1 2.0 1.9 3.3
W10 14.9 14.5 27.4 56.7 18.1 3.3 3.3 4.2

In bold—strongly contaminated.

Diatta et al. [9] observed similar results, with significantly high HM levels in soils impacted by
the Miasteczko Slaskie Zn smelter, in part of the Upper Silesia Industrial Region. The mean Zn, Pb,
and Cd contents in mgkg™ reported are 1062.97, 781.91, and 12.32, respectively. Using the off-site
reference value to Igeo, Cf, and Cdeg calculations, extremely high contamination was observed for Zn,
Cd, and Pb, in ascending order [9]. Our findings differ slightly in terms of the influence of particular
HMs. In our opinion, the difference between the orders of pollutant intensity acquired for individual
sites resulted primarily from the local industrial land use and the kind of reference value.

The historical mining of Zn-Pb ores in the Dlugoszyn area was based on the dominant mineral,
galena (Pb sulfide), which occurs in shallow ore bodies which are easily recognised. Moreover, Pb has
a relatively low melting point, allowing for ease of processing [41]. As such, ore mining in the area
started in the early medieval period and resulted in the most severe Pb pollution in the Dlugoszyn
topsoil. The levels of Zn and Cd are derived from the metal-rich bedrock.
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The very high Zn and Pb contamination observed in the Wilkoszyn area probably results from the
20th century underground Zn-Pb ore mining and processing, when galena, Zn sulfides, and nonsulfides
were mined and processed in the area. As such, it seems probable that recent industrial operations are
a principal cause of the high levels of Zn and Pb accumulated in the Wilkoszyn topsoil.

Generally, soil samples from arable fields and home gardens across the Upper Silesia Industrial
Region are characterised by high levels of toxic HMs. This is reflected in the HM concentrations in
locally cultivated vegetables, which are well above the permissible levels [11]. Both study areas are
used as peri-urban agricultural lands. The very high topsoil HM levels reported in this paper are not
as harmful due to the pH value (Table 1) observed in studied soil. The HMs are regarded as highly
soluble and more toxic in an acidic soil environment [66,67].

6. Conclusions

The application of various pollution indices (C, Cgeq, PLI, and Ige) and the local background
value Cp enable the detection of Zn, Pb, and Cd pollution in soils. Depending on the index used,
we determined very high to considerable (according to the classification proposed by [55]) topsoil
contamination. The influence intensity of particular metals differs between studied areas. In the case of
shallow historical mining (the Dlugoszyn area), it follows the order Pb > Cd > Zn, while in the place of
deep mining and processing (the Wilkoszyn area) it decreases in the sequence Zn > Cd > Pb. With the
geo-accumulation index, it is possible to discriminate between natural and anthropogenic HMs in the
soils developed over the ore-bearing formation in the two areas. Based on Iz, values, we consider
that the HM content in the topsoil developed over the shallowly occurring ore bodies in dolomites
(the Dlugoszyn area) is mainly (60%) connected with the natural presence of metals. In the Wilkoszyn
area where ore bodies are more deeply buried, 90% of the HM load is related to anthropogenic sources.
An accurate assessment of soil quality, based on HM content, is possible only with the combined use of
various pollution indices.

Supplementary Materials: The following are available online at http://www.mdpi.com/2075-163X/10/12/1140/s1,
Table S1. Zn, Pb, Cd content mg. kg™ d. m. determined in the internal laboratory standard for soil material
(n = 20), Figure S1. The complete set of soil profiles for D-Dlugoszyn and W-Wilkoszyn areas.
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Abstract: High levels of fluorine in soil may pose health risks and require remediation. In this
study, the feasibility of using a practical chemical washing method for the removal of fluorine
from an enriched soil was evaluated. The chemical washing procedures were optimized through
experimental analyses of various washing solutions and washing conditions (i.e., washing solution
concentration, solid-liquid ratio, agitation speed, and reaction time). Additionally, the effects of
techniques for improving the washing efficiency, such as ultrasonic washing, aeration, and multi-
stage washing, were evaluated. Herein, among all applied methodologies, the maximum washing
efficiency achieved for the total fluorine present in soil was only 6.2%, which indicated that chemical
washing was inefficient in remediating this particular soil. Further sequential extraction analysis
showed that the fluorine in this soil was present in a chemically stable form (residual fraction),
possibly because of the presence of mica minerals. It was demonstrated that chemical washing may
not be effective for remediating soils containing such chemically stable forms of fluorine. In these
cases, other physical-based remediation technologies or risk management approaches may be more
suitable.

Keywords: natural fluorine-enriched soil; natural sources; soil remediation; chemical extraction
resistance; low washing efficiency

1. Introduction

Fluorine, an element with atomic number 9, has high electronegativity and thus can
readily react with other elements, such as Fe, Al, and Ca. Therefore, fluorine mostly exists
as compounds in the natural state, and it is difficult to find fluorine in natural settings as a
single element [1,2]. Human activities (e.g., fertilizer use, coal use, and aluminum and steel
industrial activities) have resulted in the accumulation of fluorine in soil. Coal combustion
releases hydrogen fluoride (HF), silicon tetrafluoride (SiF4), and carbon tetrafluoride (CFy),
which can be accumulated in the soil environment [3,4]. Moreover, fluorine levels in soil
can be elevated by fluorine-containing rocks (natural origin) [5,6]. Studies have shown that
fluorine-containing mica, fluorite (CaF;), and apatite can contribute to the accumulation of
fluorine in soil and groundwater through weathering [5-12].

High intake of fluorine is known to cause dental fluorosis, skeletal fluorosis, and
osteoporosis [13-15]. The World Health Organization (WHO) [16] has reported that the
intake and inhalation of fluorine may cause cancer, such as osteosarcomas and bone tumors.
Therefore, the concentration of fluorine in soil must be properly managed.

Chemical washing has been widely used as a treatment method for soil contaminated
with metals and metalloids [17-24]. The chemical washing process can be implemented
within a short period of time compared to solidification and stabilization technologies, and
this means that it may be possible to reuse the site quickly. For soil contaminated with
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As, Cd, Cu, Cr, Pb, and Zn, removal efficiencies between 56% and 100% were achieved
with various washing solutions such as HCl, ethylenediaminetetraacetic acid (EDTA),
phosphoric acid, sulfuric acid, and FeCls (Table 1). Chemical washing with 3 M HCI
was also performed on fluorine-contaminated soil near a chemical plant, and a removal
efficiency of 97% was observed [17]. The application of the chemical washing technique to

treat natural fluorine-enriched soil has not been previously studied.

Table 1. Chemical washing conditions and efficiencies for the metals, metalloids, and fluorine-contaminated soils reported

in previous studies.

c . Washing Conditions
Soil Contaminant O?I;e; /f(r ;)t ton Washing Washing Removal Efficiency (%)  Reference
Agents Conditions
0.1 N HCL, 0.01 900 g soil, acrylic HC1—S85
Erie County, N.Y. (pH 5.5) Pb 500-600 MEDTA, 1M column (upflow 10 EDTA—100 [19]
CaClp mL/min, 24 h) CaCl,—78
HCl NaEDTA
Lavrion Technology and gﬁ 26243 ’169050 Soil/solution = 30 ﬁ }é
Cultural Park (LTCP)—mine, 7n 55’900 1MHCL0.1M g/L, 150 rpm, 4 h 8 38 120]
refinery, industrial park ’ NaEDTA for 1 M HCl, 1 h for
As 7540 77 13
Cu 4100 61 41
Ibaraki of Kuroboku .
- : 9.4% H3POy, 1 g soil: 25 mL H3PO04,—97.9
Japan—forest area soil As 2830 11% H,S0, solution, 20 °C, 2 h H,50,—87.7 [21]
(pH 5.94)
1 g soil: 12.5 mL
) Cor}struction site in g}é Zg% Na EDO%XI_'_ 01 solution, Shaker ggé [22]
University Park, TX (pH 7.9) 7n 624 1\/2[ Nazszos. table operated at 71.0
175 rpm for 2 h
Burnley campus garden at Pb 200 Shaker table 93.8
Melbourne University, Cd 400 0.5 M FeCls operated at 180 97.4 [23]
Australia (pH 6.14) Cr 600 rpm for 1 h 81.8
Fluoride contaminated soil 3M HCl . 97
from a chemical company 2 M NaOH 51g 'SOILSSI'(\) II?.L 71
in Changwon, F 740 3BMHNO; ~ Spution Shaling 91 [17]
Gyeongsangnam-do, Korea 3 M H,S04 mcuZStgé ?t 010h 88
(pH 3.7) 3 M C4HgOg pm, or 64
50 g/LCMCD +5
PAH 352.8 carboxymethyl-  g/L CMC solution 94.3
Abandoned metallurgic plant Pb 839.7 B-cyclodextrin  Shaking at 100 rpm, 93.2
located in Wubu, an old city Cd 23.7 (CMCD) 25 °C for 60 min 85.8 [24]
district of Anhui Province, Cr 622.4 carboxymethyl  and centrifugation 93.4
China (pH 6.7) Ni 432.8 chitosan at 1000 rpm for 30 83.2
F 2376.5 (CMCQ) min, multi-stage 97.3
washing (3 cycle)
Fluorine-contaminated soil 1 M HNO . 19.5
from Incheon City, South F 488 1M HZSO?; 301 gt_soﬂ.SZg Okl.“L 26.7 o5
Korea (pH 6.4), No source 1 M NaOH sou gonf’ asing 10.2 (25]
information provided 2 M H;SOq4 at 25 °C for 30 min 40.1

In this study, the feasibility of using a chemical washing method to remediate nat-
ural fluorine-enriched soil was evaluated. The soil at the target site requires specialized
treatment because the fluorine concentration exceeds the soil contamination criterion of
South Korea (Area 2: 400 mg/kg, “Area 2” refers to locations containing forests, warehouse
sites, etc.) [18], and treatment needs to be completed within a relatively short period of
time because the site is located in an urban area. The applicability of various washing
solutions and washing conditions (i.e., washing solution concentration, solid-liquid ratio,
agitation speed, and reaction time), which have been used previously for chemical washing
of heavy metal-contaminated soil, was examined. In addition, the effects of techniques for
improving the washing efficiency, such as ultrasonic washing, aeration, and multi-stage
washing, were evaluated. X-ray diffraction (XRD) analysis and sequential extraction were
performed on the target sample to obtain a better understanding of the nature of fluorine
within the soil.
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2. Materials and Methods
2.1. Soil Preparation and the Determination of Its Characteristics

In this study, natural fluorine-enriched soil was collected from Seoul (latitude: 37°29'23”,
longitude: 127°00'03”), a mega city. Topsoil with a depth of 30 cm or less was collected, air-
dried at room temperature, and sifted through a 2-mm sieve; then, the pH, organic matter
content (Walkley—Black method), cation exchange capacity (ammonium acetate method),
and iron/aluminum/manganese oxide content (dithionite—citrate system buffered with
sodium bicarbonate (DCB) method) of the soil were measured [26-29]. Additionally, pellets
with a diameter of 34 mm (prepared by compressing soil samples to enable X-ray analysis
on a flat surface) were fabricated and subjected to X-ray fluorescence analysis (S8 Tiger,
Bruker, Billerica, MA, USA) under vacuum conditions at an output of 40 mA and 40 V.
Based on these data, the main components (Si, Al, Fe, Ca, Na, K, Mg, Ti, P, and S) of
the soil samples were determined. The types of crystalline minerals in the soil samples
were identified through XRD analysis (D8 ADVANCE, Bruker, Billerica, MA, USA). This
analysis was conducted with a 2theta range of 3-90°, step of 0.02, scan speed of 0.5 s/step,
and wavelength of Cu ka1 = 1.5418 A at a generator output of 40 kV and 40 mA.

Meanwhile, wet sieving was also performed for soil samples of 2 mm or less to analyze
the fluorine concentration by particle size. The sizes of the sieves used were 0.5, 0.15, and
0.075 mm, and the composition ratio was calculated by measuring the dry weight after
sieving.

Finally, mica, which was estimated to be the main fluorine-containing mineral in the
target soil, was manually collected from the gravel (>2 mm). Then, it was pulverized and
the fluorine content was measured using the alkali fusion method described in Section 2.3.

2.2. Chemical Washing Procedures for Natural Fluorine-Enriched Soil

To determine optimal conditions for the chemical washing method used on the natural
fluorine-enriched soil, experiments were performed by varying the washing solution type,
washing solution concentration, ratio between the soil sample and the washing solution
(g:mL), agitation speed, and reaction time. Furthermore, changes in washing efficiency
due to aeration, ultrasonic irradiation, and multi-stage washing were also evaluated.
First, to determine the optimal washing solution, 1 M solutions of sulfuric acid (H2SOy),
phosphoric acid (H3POj), sodium hydroxide (NaOH), potassium hydroxide (KOH), oxalic
acid (HpC,0y), nitric acid (HNO3), perchloric acid (HClO4), and hydrochloric acid (HCI)
were mixed with the soil samples at a solid-liquid ratio of 1:5 (g:mL), and the amount of
fluorine eluted was evaluated after a reaction time of 60 min at an agitation speed of 200 rpm.
Washing experiments were performed while the washing solution concentration was varied
from 1 to 2 and 2.5 M, solid-liquid ratio (g:mL) from 1:2 to 1:3 and 1:5, agitation speed from
100 to 150 and 200 rpm, and reaction time from 10 to 30, 60, 120, and 240 min. In addition,
the amount of fluorine eluted was evaluated after aeration and ultrasonic irradiation for
10, 30, and 60 min and two to four cycles of multi-stage (repeated) washing. After chemical
washing experiments were carried out under each condition, solid-liquid separation was
performed using a 0.45-pm Gelman hydrophilic polypropylene (GHP) syringe filter (Pall,
Port Washington, NY, USA). The fluorine concentration in the filtrate was then measured
using a fluoride ion electrode (F001502, ISTEK, Seoul, Korea) after mixing the filtrate with
total ionic strength adjustment buffer (TISAB) at a 1:1 ratio. The washing efficiency was
calculated as the ratio of the fluorine concentration in the washing solution (i.e., the filtrate)
(unit: mg/kg) to the total fluorine concentration in soil (unit: mg/kg).

2.3. Determination of the Total Fluorine Concentration in Soil

The alkali fusion method was used to measure the total fluorine concentration in
soil [30]. For this procedure, 0.5 g of the dried soil sample was placed in a nickel crucible,
and 6 mL of 16 M NaOH was injected. The crucible was placed in a dryer at 150 °C for
1 h and then in a furnace at 300 °C. The temperature was increased to 600 °C, and the
reaction was allowed to proceed for 30 min. Approximately 10 mL of distilled water was
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then added to the residue in the nickel crucible, and the pH was adjusted between 8 and
9 with concentrated HCI. After transferring the sample to a volumetric flask and adding
distilled water to reach 100 mL, the solution was filtered through Whatman No. 40 filter
paper. After mixing the filtrate and TISAB at a ratio of 1:1, the concentration of fluoride
ions in the filtrate was measured using the fluoride ion electrode, and these data were used
to determine the fluorine concentration in soil.

Furthermore, the accuracy of the method for analyzing the fluorine concentration in
soil was assessed using GSP-2 and NIM-G, which are certified reference materials (CRMs).
The fluorine content was 3000 mg-F/kg-soil for GSP-2 and 4200 mg-F/kg-soil for NIM-G.

2.4. Sequential Extraction Procedures for Fluorine in Soil

Sequential extraction was performed to understand the binding pattern between
soil components and fluorine. Fluorine was divided into a water-soluble fraction (F1),
exchangeable fraction (F2), Mn and Fe oxide bound fraction (F3), organic matter bound
fraction (F4), and residual fraction (F5) (Table 2). In step 1, 2.5 g of the dried soil sample
and 25 mL of the extractant were mixed [31,32]. After centrifugation, the precipitates and
25 mL of each extractant were mixed in steps 2 to 4. For the analysis in step 5, the alkali
fusion method described in Section 2.3 was used. For the separation of the extractant and
the soil sample, centrifugation (1580R, Labogene, Seoul, Korea) was performed for 15 min
at 2357 g [33].

Table 2. Sequential extraction procedures for fluorine-enriched soil (following Yi et al. [32] with some modifications).

Experimental Conditions

Fraction of Fluorine in Soil Extractant Temperature Incubation Agitation
Q) time (h) speed (rpm)
Water soluble (F1) Deionized water 70 0.5
Exchangeable (F2) 1 mol/L MgCl, (pH7) 25 1 30-402
Bound to Mn and Fe oxides (F3) 0.04 mol/L NH,OH-HClI dissolved in 20% acetic acid 60 1
Bound to organic matter (F4) 0.02 mol/L HNOs + 30 % HO +5’ 2 mol/L. 25 0.5
and ammonium acetate
Residual (F5) Alkali fusion with NaOH 600 1.5 None

a Cited from Davison et al. [34]. ® 0.02 M HNO3 3 mL + 30% H,0O, 10 mL and ammonium acetate 12 mL [35].

3. Results
3.1. Characteristics of Fluorine-Natural Enriched Soil

Table 3 shows the fluorine concentration for various soil particle sizes. The properties
of the natural fluorine-enriched soil used in this study are presented in Tables A1 and A2.
The total fluorine concentration in the soil samples (<2 mm) was found to be 1078 £ 178
mg/kg, which exceeds the soil contamination criterion of Korea (Area 2: 400 mg/kg) [25].
Thus, these data confirmed that an appropriate remediation technique was required for
this natural fluorine-enriched soil. The soil sample with a particle size of 0.15 mm or less
exhibited 1.5 times higher fluorine concentration than the total soil sample (i.e., particle
size of 2 mm or less). Because pollutants introduced to soil from external sources are easily
adsorbed on the surface of silt or clay particles with a large specific surface area, the con-
centration of heavy metals increases as the particle size of soil decreases [36,37]. Despite
the above finding, the distribution of fluorine concentrations was relatively homogeneous
in this study (i.e., no significant differences were observed for the different soil particle
sizes). This indicated that the pollutants adsorbed on soil particles were not introduced
from the outside but were possibly of natural origin (from minerals).
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Table 3. Particle size distribution of the soil sample and the corresponding total fluorine concentrations.

Particle Size Weight Composition Total Fluorine Concentration
(mm) (%) (mg/kg)
<2 100 1078 £ 178
0.5-2 26.3 1126 £+ 272
0.15-0.5 26.8 1036 & 34
0.075-0.15 10.2 1564 £+ 159
<0.075 36.7 1594 + 42

3.2. Chemical Washing Efficiency

The soil samples were mixed with 1 M solutions of H,SO,, H3PO,4, NaOH, KOH,
H,C,04, HNOj3, HCIO4, and HCl at a solid-liquid ratio of 1:5 (g:mL). For each mixture, the
reaction was allowed to proceed for 1 h at an agitation speed of 200 rpm, but the washing
efficiency remained as low as 0.6-3.0% (Table 4).

Table 4. Chemical washing efficiencies when using various washing solutions.

Washing Reagent Extracted Fluorine Concentration Washing Efficiency

amMm (mg/kg) (%)
H,S0, 162+15 15
H3PO, 6.8 0.6 0.6
NaOH 203+£19 1.9
KOH 202+£19 1.9
H,Cp04 6.2+0.6 0.6
HNO;3 30.3£28 2.8
HCIOy4 272 +£25 25

HCl1 32.7+£3.0 3.0

To improve the washing efficiency, various conditions (i.e., washing solution fixed
to HCI, washing solution concentration (1-2.5 M), solid-liquid ratio (1:2-1:5), agitation
speed (100-200 rpm), reaction time (10-240 min), aeration (10-60 min), ultrasonic washing
(10-60 min), and multi-stage washing (1-4 times)) were tested. The washing efficiency,
however, did not exceed 6.2% (Table 5).

According to a previous study [17], a 97% removal efficiency was achieved when
chemical washing was performed for 1 h under conditions of 200 rpm and 20 °C at a
solid-liquid ratio of 1:5 (g:mL) using 3 M HCI (Table 1); these results are markedly different
from the results of this study.

3.3. Origin of Fluorine in Soil

To analyze the causes of the significantly low washing efficiency obtained in this
research, even though chemical washing conditions similar to those applied in previous
research on soil contaminated with heavy metals and fluorine of an artificial origin were
maintained (Table 1), XRD analysis and sequential extraction were performed on the
target sample.
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Table 5. Chemical washing efficiencies when applying various washing conditions.
Washing Conditions Extracted Fluorine Concentration (mg/kg) Washing Efficiency (%)
1:2 182+ 1.1 1.7
Solid-liquid ratio (g:mL) 1:3 244+ 1.8 2.3
1:5 328+ 1.1 3.0
10 58.7 £ 2.5 5.4
30 36.8 + 0.6 34
Reaction time (min) 60 328+ 1.1 3.0
120 303+ 1.6 2.8
240 249 + 0.0 2.3
100 345+ 0.3 3.2
Agitation speed (rpm) 150 36.6+0.9 3.4
200 58.7 £ 2.5 5.4
0 1.5+ 0.0 0.1
. 1 328+ 1.1 3.0
Concentration of HCI (mol/L) 5 26.8 4 0.2 25
2.5 248 + 1.8 2.3
10 49.6 +4.1 4.6
Aeration time (min) 30 62.3 +£0.3 5.8
60 66.7 £5.3 6.2
10 37.74+0.3 35
Ultrasonicating time (min) 30 434 4+0.7 4.0
60 419 +0.7 3.9
1 35.34+21 33
. . 2 143+ 1.1 1.3
Multi-stage washing (cycle) 3 61+03 0.6
4 28 +£04 0.3

3.3.1. X-Ray Diffraction Analysis

Figure 1 shows the XRD analysis results. Peaks of biotite, phlogopite, muscovite,
and lepidolite, which belong to mica, were detected in the soil sample data. It is known
that mica can contain fluorine as a result of the substitution of hydroxide ions (OH~) and
fluoride ions (F7) [4-11]. Based on the XRD analysis results, gravel-sized fragments rich in
mica were manually collected from the > 2 mm sifted soil sample in which a large amount
of mica was detected. Then, the mineral samples obtained were pulverized and subjected
to fluorine concentration analysis and XRD analysis.

The XRD analysis results for the minerals that were estimated to be mica exhibited
peaks of biotite, phlogopite, lepidolite, and muscovite (Figure 1) that were more prominent
than those in the above results [38,39], and a fluorine concentration of 2647 mg/kg was
measured (the fluorine concentration in the soil sample with a size of 2 mm or less from the
same soil was 1078 mg/kg). This finding indicated that fluorine was possibly present in
the soil sample (with a size of 2 mm or less) as result of the fragmentation of mica minerals.

3.3.2. Sequential Extraction Results

Table 6 shows the fluorine sequential extraction results for the target soil sample. The
residual fraction (F5) amounted to 99.2-99.6%, thus confirming that most of the fluorine
was present in soil in a chemically stable form. When the sample, obtained by manually
collecting mica minerals with a size of 2 mm or higher and pulverizing them, was subjected
to fluorine sequential extraction using the same method, the residual fraction (F5) was
found to be 99.8%, which was similar to the value obtained for the soil sample.

As confirmed in Section 3.3.1, the target soil sample represents a case in which fluorine
of a natural origin (mica) is present and has accumulated above the soil environmental
criterion. In such a case, fluorine is present in a chemically stable form because it exists
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as minerals. This appears to have contributed to the significantly low efficiencies for the
chemical washing procedures tested.
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Figure 1. X-ray diffraction analysis results for (a) the soil sample and (b) mica selected manually
from the gravel (>2 mm).

79



Minerals 2021, 11, 134

Table 6. Sequential extraction results for the soil sample and mica selected from gravel.

Fraction of Fluorine in Soil

Sample of Crushed Mica Selected by Hand

Soil Sample (<2 mm) from Gravel (>2 mm)

Extracted Fluorine Extraction Extracted Fluorine Extraction
Concentration (mg/kg) Efficiency (%) Concentration (mg/kg) Efficiency (%)
Water soluble (F1) 7.19 +£0.17 0.57 2.31 +0.01 0.09
Exchangeable (F2) 0.58 + 0.04 0.05 0.34 + 0.34 0.01
Bound to M?F;‘d Fe oxides 0.09 4 0.01 0.01 0.08 + 0.01 0.00
Bound to organic matter (F4) 1.99 +0.30 0.16 1.86 +0.12 0.07
Residual fraction (F5) 1253 £ 85 99.21 2647 + 11.55 99.84

4. Conclusions

In this study, the applicability of chemical washing was evaluated for the treatment of
a soil containing high levels of fluorine that originated from mica. This soil exceeded the soil
environmental criterion for the region. Various conditions (washing solution type, washing
solution concentration, solid-liquid ratio, agitation speed, reaction time, aeration, ultrasonic
washing, and multi-stage washing), similar to those of the general washing method for
soil contaminated with heavy metals and the washing method previously applied to soil
contaminated with fluorine of an artificial origin (near a chemical plant, where a 97%
washing efficiency was achieved) [17], were tested; however, from all methodologies
applied, the maximum washing efficiency achieved in our study for natural fluorine-
enriched soil was 6.2%. The sequential extraction results showed that approximately
99% of the fluorine was present as a residual fraction, thus indicating that it occurred in
the soil in a chemically stable form, possibly because of the presence of the fragmented
mica minerals. This may have contributed to the low washing efficiency. Consequently,
treating this soil enriched with fluorine of a natural origin (mica) using general chemical
washing methods is not feasible. Therefore, it is recommended that physical separation
technology be applied or other approaches be used to manage potential human health
and/or ecological risks.
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Appendix A

Table A1. Composition of the major elements in the soil samples determined using an X-ray fluores-
cence spectrometer.

Major Element Composition (%)
SiO, 52.85
AL, O3 24.63
F8203 11.03
K>,O 4.25
MgO 2.41
TiO, 1.85
CaO 1.55
Na,O 0.44
P,0s5 0.43
SO3 0.14

Table A2. Characteristics of the soil samples used in this study.

H Organic Matter CEC Fe Oxides Al Oxides Mn Oxides
P Content (%) (cmol/kg) (mg/kg) (mg/kg) (mg/kg)
7.4 0.6 11.8 26,655 2584 374
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Abstract: Soil arsenic (As) pollution is still a major concern due to its high toxicity and carcinogenicity,
thus, the study of decontamination techniques, as the organic amendment applications, keeps
upgrading. This research evaluates the potential remediation of peat in different As-polluted soils,
by assessing the decrease of As solubility and its toxicity through bioassays. Obtained reduction in
As solubility by peat addition was strongly related to the increase of humic substances, providing
colloids that allow the complexation of As compounds. Calcareous soils have been the least effective
at buffering As pollution, with higher As concentrations and worse biological response (lower
soil respiration and inhibition of lettuce germination). Non-calcareous soils showed lower As
concentrations due to the higher iron content, which promotes As fixation. Although in both cases,
peat addition improves the biological response, it also showed negative effects, hypothetically due
to peat containing toxic polyphenolic compounds, which in the presence of carbonates appears to
be concealed. Both peat dose tested (2% and 5%) decreased drastically As mobility; however, for
calcareous soils, as there is no phytotoxic effect, the 5% dose is the most recommended; while for
non-calcareous soils the efficient peat dose for As decontamination could be lower.

Keywords: soil remediation; toxicity bioassays; humic substances; calcium carbonate; iron oxides;
polyphenolic compounds

1. Introduction

Soil pollution by potentially harmful elements (PHEs) is a worldwide problem with a diverse
origin, e.g., waste generated by industrial, mining or smelting activities, intensive use of agrochemicals
or wastewater irrigation [1,2]. Reducing the concentration of PHEs in soils is essential to minimize the
current and future impacts produced on surrounding ecosystems. However, due to the high capacity
of soil to retain contaminants, the cost and complexity of the existing techniques is a challenge not yet
solved [3]. Therefore, intensive research is still necessary for the development of profitable, efficient,
and environmentally responsible techniques. As Mirsal [1] states, the properties of the pollutants,
the degree of pollution, and the natural processes that will take place in situ should be considered
for selecting the remediation techniques. Some authors argue that remediation treatments must meet
broad objectives, such as waste volume reduction efficiency, pollutant toxicity reduction efficiency, and
profitability and environmental compliance [4].

Arsenic (As) is a metalloid found in highly variable concentrations in different environments [5].
By its hazard and presence worldwide, As highlights among the PHEs. Currently, its presence is
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associated with both natural and anthropogenic sources, and in many areas, its environmental levels in
the water, sediments, or soils are of major concern due to its high toxicity that often threatens human
health and ecosystems [6]. Besides, arsenic distribution also occurs in several biological species by
direct uptake, thus, it can easily enter the food chain [7]. For all these reasons, many studies about
arsenic pollution have been carried out, and pollution problems have been located in different regions
of the world (hotspots), such as that found in soils of mining areas in China [8]; industrial complexes
in, e.g., Korea [9], Spain [10], and Canada [11]; abandoned mine soils in Australia [12], Brazil [13], and
Spain [14]; agroecosystems in Germany and France [15]; rice fields in major rice-growing countries
(India, Bangladesh, China, Pakistan, Malaysia, Thailand, Japan, and Australia) [16]; and riverside areas
of North East England [17]; among others.

Arsenic concentration in soils varies widely because it depends on the initial concentration
(background) in the parent material, the natural geochemical cycles, and the type of soil [18]. According
to the literature, the mean As values in natural soils varies from 0.1 to 80 mg-kg~! worldwide [19-22].
As far as government information is concerned, the guideline values proposed for soil protection vary
greatly among countries and legislations. For example, the United States Environmental Protection
Agency (EPA) establishes the permissible limit in 24 mg-kg~! [23]. Whereas in Andalusia (Spain), the
Generic Reference Level (NGR) applicable to soils polluted with As is 36 mg-kg~! [24]. In Europe,
other examples of As guideline values are 50 mg-kg~! [25], 76 mg-kg~! [26], and 43 mg-kg™' [27], for
Germany, Netherlands, and United Kingdom, respectively.

Due to the elevated environmental levels of arsenic observed and the risks that it poses for
human health, various technologies, both conventional and more advanced, are being used for arsenic
removal from the soil and water systems [23]. In recent years, among them, stands out the soil/water
phytoremediation, for being a technique that respects the environment [28,29], and other bioremediation
treatments, such as land farming, composting, and biopiles techniques [30]. Another interesting
and frequently used methodology for the decontamination of PHEs is the amendments with organic
compounds, which is characterized by being a highly viable method of reducing concentrations or toxic
effects in polluted soils, and for being economical, efficient, and with good social acceptance [31-34].
The application of organic amendments in soils polluted by PHEs produces important changes in
the main soil properties (e.g., increase pH, boost organic carbon content, increment ion exchange
capacity, raise soil moisture, and improve soil structure) and modifies the solubility and bioavailability
of pollutants [3,35]. Likewise, treating soils contaminated with organic matter facilitates at the same
time the activation of the nutrient cycle and the microorganisms involved; thus, that the ecosystemic
functions that facilitate the long-term remediation of the soil are recovered. Some examples of this
technique are the use of vermicompost [35,36], and, as different researchers point out [37-39], the
use of peatland soils, characterized for their high potential to adsorb different metals such as Ni and
Sb and the metalloid As present in waters. This high potential is likely due to peat having a large
active surface area, a consequence of the high organic matter content, and thus a large number of
adsorption sites. Additionally, adsorption is not the only feasible immobilization mechanism of PHEs
as processes such as precipitation, coprecipitation, and complex formation are also expected and would
aid retention [38,40].

Although the aforementioned studies demonstrate its capacity to adsorb As present in water
(natural water and mine wastewater) and atmospheric depositions, there is little research on the
use of peat in the remediation of As-polluted soils. For this reason, the present study is focused on
the assessment of the remediation capacity of the peat in As-polluted soils. Furthermore, to gain
targeted information about its potential use in soil remediation projects, the proposed experiments
will be carried out both in anthropogenically polluted soils (areas affected by a mining discharge
that present significant residual pollution) [41] and in artificially polluted soils (natural soils that are
polluted in the laboratory), selected from previous toxicity studies [42]. The specific aims will be i) to
determine the peat doses applicable to soils, depending on their typology, for effective and economical
implementation of the remediation technique; ii) the assessment of the As mobility and the evaluation
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of soil toxicity through the use of quick and economic toxicity bioassays (soil respiration and seed
germination/root elongation of Lactuca sativa L. tests).

2. Materials and Methods

2.1. Soil Samples

Three soil samples were selected for this study: 1 soil polluted in situ, consisting of the surface
layer (uppermost 20 cm) of an eutric Regosol affected by residual pollution after the Aznalcéllar mine
spill [43] and located in the Guadiamar Green Corridor (AZN); and 2 ex situ (spiked) soils, 1 sampled
from the C horizon of a calcaric Kastanozem (SC), and another from a C horizon of a leptic Regosol
(SNC), both samples were selected by their contrasting properties and were described in Romero-Freire
et al. [44]. In all cases, soil samples were obtained from composite subsamples of the same horizon and
thoroughly homogenized before the analysis. The 2 natural soil samples (SC and SNC) were selected
due to the strong differences in the calcium carbonate content to study the role of carbonates in As
fixation. AZN samples were taken in an area with high residual pollution, which has partially avoided
remediation measures carried out in the area (i.e., the addition of carbonates, clays, and organic wastes)
throughout these years [14].

The main parameters analyzed in the soil samples were: pH (soil:water ratio 1:2.5), electrical
conductivity (EC) (soil:water ratio 1:5), calcium carbonate content (CaCOj3), organic carbon (OC),
textural analysis (clay content), cation exchange capacity (CEC), degree of base saturation (BS), bulk
density (BD), porosity (Po), and available water (AW). The main physicochemical properties were
analyzed according to standard analysis methods [45]. On the other hand, in addition to analyzing
total iron content (Fet) by acid digestion in strong acids (HNO3 + HF), free iron content (Fed) and
amorphous iron content (Feo) were also analyzed following the Holmgren [46] and Blakemore [47]
techniques, respectively. All analyses were done in triplicate.

2.2. Peat Characterization

The organic compound selected for remediation treatments in the As-polluted soil samples was
peat from the Agia’s peat bog located in Padul (Granada, Spain), which is an acidic minerotrophic
peat bog (or fen type). To have a correct characterization of the peat, the same properties and same
analytical techniques as for soils have been applied (Table 1). Besides, the fractionation of the organic
carbon (OC) presented in the peat was determined, according to Kononova [48], by the determination
of the Total Humic Extract (THE), Humic Acids (HA), and Fulvic Acids (FA). The polyphenolic profile
of the peat was determined by high-performance liquid chromatography (HPLC) using an Agilent
1200 series® HPLC-DAD-ESI-MS n (Agilent Technologies, Inc.(R), Santa Clara, CA, USA). All peat
analyzes were carried out in triplicate.
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Table 1. Main properties of the selected soil samples and peat (mean + standard deviation).

Properties AZN SC SNC Peat
pH (H,0, 1:2.5) 6.77 + 0.07 8.79 + 0.02 5.87 + 0.09 3.50 + 0.14
EC2 (dS'm™) 0.40 + 0.01 0.07 + 0.01 0.05 + 0.01 3.10 £ 0.21

CaCO3 3 (%) 0.53 + 0.04 92.32 + 0.86 nd! nd!
OC* (%) 0.72 +£0.13 0.38 +0.17 0.49 + 0.02 25.04 + 0.05

Clay (%) 8.81 + 0.40 7.70 + 0.58 8.31 +0.12 nd!
CEC? (cmol; kg™1) 8.46 + 0.16 2.94 +0.13 3.83 +0.37 41.77 £ 1.16
BS © (%) 97.10 + 1.12 100.00 + 0.00 30.70 + 1.05 66.24 + 3.35
BD7 (g-em™3) 1.56 + 0.01 1.53 + 0.02 1.57 + 0.003 0.32 + 0.006
Po & (%) 41.30 + 0.51 37.75 + 0.92 40.60 + 0.10 83.74 + 0.01
AW ? (%) 7.18 +0.04 5.38 + 0.06 7.40 + 0.03 8.51 + 0.01
Ast 19 (mg-kg™) 120.20 + 0.14 3.39 +0.15 439 +0.10 11.85+0.10
Asy ! (mgkg™) 0.03 + 0.01 0.01 + 0.001 0.01 + 0.001 0.03 + 0.001
Fet 12 (gkg™) 68.40 + 0.31 16.80 + 0.35 71.20 £ 0.12 14.40 + 0.06
Fed 13 (g-kg™) 26.30 + 0.25 3.30 £ 0.03 7.80 +0.10 0.97 + 0.04
Feo * (g'kg™1) 18.80 + 0.21 0.01 £ 0.01 1.00 + 0.06 0.43 + 0.06
THE 1 (%) - - - 27.26 + 0.30
HA 16 (%) - - - 22.64 + 0.20
FA 17 (%) - - - 4.62 +0.30

1 non-detected; 2 electrical conductivity; 3 calcium carbonate content; * organic carbon content; 5 cation-exchange

capacity; 6 degree of base saturation; 7 bulk densi?; 8 porosity; 9 available water; 1 total arsenic concentration; 1!
water-soluble arsenic concentration; 12 total iron; 1° free iron; 14 amorphous iron; 15 Total Humic Extract; 1® Humic
Acid; 17 Fulvic Acid.

2.3. Soil Samples Preparation

The SC and SNC soil samples were spiked with sodium arsenate solutions (NayHAsO4 x 7H,0)
at different concentration ranges (0, 300, and 600 mg-kg~! As) under controlled laboratory conditions.
The selected concentrations (well above the permissible limits in soils) were chosen according to the
first guideline values proposed for Andalusia in the industrial areas (300 mg-kg~! As), and multiplying
the highest concentrations of industrial areas by 2, which had been used in Romero-Freire et al. [42]
where As toxicity in relation to soil properties was studied. Once spiked, soil samples were incubated
for 4 weeks under controlled humidity and temperature conditions to stabilizing the added pollutant
and optimizing the time consumption according to previous observations [41,49,50].

After soil incubation, different peat treatments were applied. Peat doses selected were 0%, 2%,
and 5% with respect to the total dry weight of the samples. These doses were in relation to the organic
amendments used in the Aznalcéllar soil remediation [51] and other restoration plans of mining
areas [52]. After the application of these amendments, samples were incubated again for another 4
weeks, under the same conditions.

After the incubation period, water-soluble extracts (1:1) were done from treated soils. In the
obtained extracts pH (pHyy), electrical conductivity (ECyy) were measured with a pH/conductometer
914 Metrohm (Metrohm AG, Herisau, Switzerland) and a Eutech™ CON700 (Thermo Fisher Scientific
Inc., Waltham, MA, USA) conductivity-meter, respectively, and soluble arsenic concentration (Asy) was
measured by inductively coupled plasma-mass spectrometry (ICP-MS) in a spectrometer PerkinElmer
®NexIONTM 300D (Waltham, MA, USA).

In total, 105 treatments were carried out in the 3 different groups of samples: 15 AZN (5 soil
samples X 3 peat treatments), 45 SC (5 soil samples X 3 As treatments X 3 peat treatments), and 45
SNC (5 soil samples X 3 As treatments X 3 peat treatments). Each treatment was identified as follows:
First, an acronym representing the soil sample considered (AZN, SC, SNC), separated by a hyphen the
number that identifies the content in As added (0, 300, 600 mg-kg~!) and separated by another hyphen
the percentage of peat added (0%, 2%, 5%).
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2.4. Determination of As Concentrations

Total arsenic concentration (Ast) was determined from acid digestion in strong acids (HNO3
+ HF), and water-soluble arsenic concentration (Asy) was determined from the soil:water extracts
(1:1 ratio). In all cases, As was measured by ICP-MS in a spectrometer PerkinElmer ®NexIONTM
300D (Waltham, MA, USA). Instrumental drift was monitored by regularly running standard element
solutions between samples. For calibration, 2 sets of standards containing the analyte of interest at 5
concentrations were prepared using rhodium as an internal standard. Procedural blanks for estimating
the detection limits (3 X o; 1 = 6) were <0.21 ug-L~! for As. The analytical precision was better than +
5% in all cases.

2.5. Toxicity Bioassays

To evaluate the soil toxicity after peat treatments, 2 short-term toxicity bioassays were selected:

1. Heterotrophic soil respiration was measured by determining the CO; flux from treated soils with
a microbiological analyser p-Trac 4200 SY-LAB model (Neupurkersdorf, Austria) according to
ISO 17155 protocol [53]. Soil moisture content was fixed at field capacity and soils were incubated
at a constant temperature of 30 °C. The production of CO; was determined by absorption in vials
with a solution of potash (KOH 0.2%) during 96 h, and related to the mass of soil used to obtain
a measure of respiration rate. The results were expressed as the basal respiration rate (BR) in
mg-CO,-day~!-kg~!:soil. This test was done in triplicate in all studied soil treatments and also
using only peat samples.

2. Seed germination/root elongation of Lactuca sativa L. toxicity test, according to OECD [54] and US
EPA [55] recommendations. This test assessed the phytotoxic effects on seed germination and
seedling growth in the first days of growth [56]. In Petri dishes, 15 seeds of Lactuca sativa L. and
5 mL of soluble extract from the treated soils were placed in an incubator at 25 + 1 °C, and the
number of germinated seeds and the length of the germinated seed roots were measured after
120 h. Two endpoints were calculated: (a) The percentage of germinated seeds (SG) in relation
to the control, and (b) the percentage of root elongation (RE) in relation to the control (distilled
water). This assay was done in triplicate in all treatments.

2.6. Data Analyses

Normality was checked with the Shapiro-Wilk test and homoscedasticity with the Levene
test. As none of these conditions were met, even when transforming the variables, non-parametric
Kruskal-Wallis and Mann-Whitney U test (p < 0.05) for the analysis of multiple comparisons were
applied. Furthermore, in order to analyze the influence of soil properties on the solubility and toxicity
of arsenic, Spearman correlation analysis involving soil properties, peat doses added, water-soluble
arsenic concentrations, and endpoints of the toxicity bioassays (BR, SG, and RE) were also performed.
All these analyses were performed with a confidence level of 95% by using SPSS v.21.0 software (SPSS
Inc.(R), Chicago, IL, USA).

3. Results

3.1. Properties of the Soil and Peat Samples

Results observed for the Aznalcollar polluted field soil (AZN) showed slightly acidic pH, low
content of carbonates (<1%), and moderate electrical conductivity. Whereas the Ast level (>100
mg-kg™!) and the levels of iron oxides (Fed and Feo) were higher than in the reference soils. The
reference soils (SC and SNC) differed from each other by the content of carbonates, pH, degree of base
saturation, and the contents in the different forms of Fe, with much higher Fe contents in the SNC
samples. The total As (Ast) concentrations were similar, with average content below the considered
background level of 29 mg-kg™! [57] (Table 1).
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The peat selected had an acidic pH, a high electrical conductivity of 3.10 dS-m~!, and a degree
of base saturation of more than 50%; it showed low bulk density (BD) and, consequently, high
porosity (Po). The organic carbon content (OC) was 25.04%, of which 27.26% corresponds to Total
Humic Extract (THE). This THE was divided into 22.64% Humic Acids (HA) and 4.62% Fulvic Acids
(FA). Peat showed a total iron content (Fet) of 14.40 g'kg_l, and Ast of 11.85 mg-kg_l, of which
0.03 mg-kg~! was soluble in water (<1%) (Table 1). The polyphenolic profile of the peat identifies
three compounds: 4-hydroxybenzoic-4-glucoside acid (662 mg-kg™!), p-coumaroylquinic acid (1222
mg-kg™!), and lariciresinol-sesquilignan (4783 mg-kg™!), representing 0.66% w/w of the total peat, with
the phenolic compound lariciresinol-sesquilignan being the most abundant (Figure S1).

3.2. Arsenic Solubility

The leachate from the AZN samples showed acidic pHyw without statistically significant differences
among the peat treatments. Whereas, ECyy increased significantly with additions of 2% and 5% of
peat (0.44 and 0.53 dS'm™!, respectively). In SC soils spiked with As, the addition of peat decreased
the pHy significantly. Similar results were obtained in the SNC samples, but with lower pHyy values.
In addition, it was observed that the addition of As significantly increased the pHw due to the fact
that As had been added in the form of sodium arsenate solutions (Na,HAsO, x 7H;0O). Regarding the
ECyy, it was observed that in almost all treatments with As and peat, the EC of the leachates increased
significantly, except in the SNC-300-2 and SNC-600-2 treatments, where there were no significant
differences (Table 2).

Table 2. The pHyy, electrical conductivity (ECy) in water-soluble extract (1:1), and water-soluble As
content (Asyy) in the three studied soil samples with the different addition of As and peat (mean +
standard deviation).

Soil AZN SC SNC
As 120.2 0 300 600 0 300 600
(mg-kg™1) ’
Peat (%) pHw (1:1)
0 449+008 716+023 776+0.03 791+0.07 378+0.15 625+073 645+0.14
a aA bB cB aA bB bB
5 459+0.08 7.08+0.02 720+0.09 731+0.02 372+0.09 546+0.09 5.67+0.08
a aA aAB bB aB aA aA
5 467 +0.08 690+002 7.02+009 713+0.02 3.64+010 532+0.09 553+0.07
a aA aAB aB aB aA aA
Peat (%) ECw (1:1) (dS-m™1)
0 0.39+0.01 0.13+0.01 049+001 0.89+0.05 0.04+0.01 0.18+0.01 0.33+0.02
a aA aB aC aA aB aC
2 044 +£0.07 019001 052+0.01 095+0.03 010001 019+0.01 0.33+0.01
b bA bB abC bA aB aC
5 053+0.07 028+0.02 061+000 1.01+0.03 019+0.01 028=+0.02 0.42=+0.01
c cA cB bC cA bB bC
Peat (%) Asw (1:1) (mg-kg™)
0 0.026 b 0.010 bA 152.513bB  337.450 bC 0.019 bA 26.427bB  118.123 bC
2 0.014 a 0.004 aA 0.759 aB 2.588 aC 0.015 abA 0.450 aB 2.592 aC
5 0.013 a 0.006 aA 0.113 aB 0.289 aC 0.004 aA 0.157 aB 0.631 aC

Lowercase letters indicate statistically significant differences for each As treatment with different peat additions;
and capital letters among the different treatments with As for the same peat content (Kruskal-Wallis test, p < 0.05).

Soluble As (Asw) decreased significantly with peat treatments, regardless of the percentage of
peat applied and for all treatments with As. In AZN-0, Asy was low (0.026 mg-kg™!); even so, the peat
treatments significantly decreased the As solubility, with a reduction of 46.15% in AZN-2 and 50.00%
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in AZN-5 compared to AZN-0, respectively. In the reference soils, once polluted, different amounts of
Aswy were obtained but far from the total As added, showing SC higher Asyy than SNC. In SC-300-0 and
SC-600-0, the reduction of Asy in relation to the dose of As added was 49.16% and 43.76%, respectively;
and in SNC-300-0 and SNC-600-0, the reduction was 91.99% and 80.31%, respectively. The addition of
peat significantly enhanced arsenic retention. Peat additions at 2% and 5% decreased Asy with respect
to the no addition by more than 98% in all samples. This decrease in Asy was even observed, and
significantly, in the reference soil samples when adding peat (Table 2).

3.3. Assessment of Peat Treatments Adequacy from Bioassays. Arsenic Solubility

3.3.1. Basal Soil Respiration

The basal soil respiration test was also done with the peat alone, showing basal respiration (BR)
values of 101.84 + 9.94 mg-CO,-day~!-kg~!-soil. BR increased significantly as the amount of peat added
increased in AZN soils. In calcareous samples (SC), the increase in pollution without peat additions
(5C-300-0 and SC-600-0) showed a slight, but not significant, decrease in BR. Peat additions significantly
increased BR up to about 100 mg-CO,-day~!-kg~!-soil. Peat at 2% significantly increased BR compared
to the no peat addition. Peat at 5% further increased the respiration rate, with significant differences
among the three As treatments. Similar results were obtained in the non-calcareous samples (SNC)
with higher levels in BR than in SC. Treatment with 2% of peat considerably increased the BR, being
higher in the reference sample and decreasing significantly with As addition. The addition of 5% of
peat showed a significantly increases BR with values >100 mg-CO,-day~!-kg~!-soil. Comparing the
results obtained for the same pollution level with increasing peat dose, significant differences appeared
between SNC-300-2 and SNC-300-5, and between SNC-600-2 and SNC-600-5 (Figure 1).

Definitions/miinerals-945461-g001.pdf

Figure 1. Basal respiration rate (BR) for soil samples with different treatments. Lowercase letters
indicate statistically significant differences for each treatment with different peat additions; and capital
letters among the different treatments with As for the same peat content (Kruskal-Wallis test, p < 0.05).

3.3.2. Germination and Elongation Test with the Lactuca Sativa L. Plant

AZN soil showed a low germination rate for AZN-0 and AZN-2, respectively, and even lower for
the higher peat treatment (AZN-5), but without significant differences between peat treatments. In SC
soils, without As addition, reported germination of 100%, whereas with As addition, it completely
inhibits the Lactuca sativa L. seed germination (Figure 2). The addition of peat in the polluted SC
soil entailed a high germination rate. In non-calcareous soil (SNC), the germination test showed
substantially different results compared to calcareous soil (SC). When there was no addition of peat, the
germination of Lactuca sativa L. occurred in the three As treatments. In both SNC-0-0 and SNC-300-0, the
germination was 100%, while in the SNC-600-0, germination decreased significantly by 43%. Besides,
peat treatments decreased SG in all treatments without showing significant differences due to the high
dispersion in the data (error bars).
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Definitions/miinerals-945461-g002.pdf

Figure 2. Percentage of germination for Lactuca sativa L. seeds (SG%) exposed to the different soils
and treatments. Lowercase letters indicate statistically significant differences for each treatment with
different peat additions; and capital letters among the different treatments with As for the same peat
content (Kruskal-Wallis test, p < 0.05).

In AZN soil, a trend to decrease the percentage of RE with the increase of added peat was observed.
In calcareous soils (SC), without As addition, RE was 97%. However, samples polluted with As, due to
the total inhibition of germination, did not record data on root elongation. However, it is interesting to
note that the addition of peat favored RE with values even higher than 100%. Only in the treatment
with 600 mg-kg™! of As, RE was lower, but a clear increase was observed with the amount of peat
added. For SNC soils, RE was >100% in SNC-0-0, while it decreased significantly with the addition
of As, SNC-300-0 (15.7%), and SNC-600-0 (3.3%). Moreover, peat addition to the reference soil SNC
caused a significant decrease in RE. In the treatments with 2% and 5% peat addition, there were no
statistically significant differences in the RE values. However, when 2% of peat was added, there was
an increasing trend in RE; while, when 5% was added, RE was reduced not significantly (Figure 3).

Definitions/miinerals-945461-g003.pdf

Figure 3. Lactuca sativa L. root elongation (RE%) in the soils with different treatments. Lowercase letters
indicate statistically significant differences for each treatment with different peat additions; and capital
letters among the different treatments with As for the same peat content (Kruskal-Wallis test, p < 0.05).
Values higher than 100% indicate hormesis.

3.4. Relation between Soil Properties and Their Recovery

In SC samples, higher As solubility (Table 2) is related to soil toxicity by the endpoints used
in toxicity bioassays (BR, SG, and RE) (p < 0.01). However, the addition of peat improves the three
endpoints with a high degree of significance (p < 0.01). While, in the SNC and AZN samples, with
no or few carbonates, the treatment with peat only shows a direct correlation (p < 0.01) with the
respiration bioassay (BR). In both soil samples, iron oxides (Fed and Feo) were inversely correlated
with water-soluble As concentration (p < 0.01), whereas other soil properties such as OC and CEC
were directly correlated. Note that in these cases, the behavior of As pollution on the Fed and Feo
content was uneven, with no correlation in SNC samples, and high direct correlation (p < 0.01) in the
case of the AZN samples (Table 3).
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Table 3. Spearman correlations between different soil samples, remediation treatment with peat, and
the solubility of As in soils.

Variables Peat REZ2 SG3® BR* EC® pH® oOC’ CEC Fed ° Fl%o ]iP

098 0993 -0.761 0971 0988 -0.933 -0.968 -0.999

AZN Peat - - - *% *ok ot *% * *% *% *%
Asyw —0.787 -0.770 -0.803 0.661 -0.739 -0.792 0.778 0.766  0.801
1 *% - - *% *% * * *% *kk *% *%
0.662 0.583 0.839 —-0.733 0944 0994 0916 0987 -0.824
sC Peat - *% *% e - *% *% P *% *% *%
Asw —0.558 -0.828 -0.913 -0.742 0.896 -0.521 -0.550 -0.346 -0.550
1 *% *% *% *% - % *% *% *% % -
0916 0.452 0999 0939 -0.874 -0.918 -0.994
SNC Peat - - - ot * - *% ok *% *k *%
Asw  —0.492 —-0.559 0.557 -0.490 -0.461 0.472
1 % - - P - *% *% P - - *%

1 water-soluble As concentration; 2 Lactuca sativa L. root elongation; 3 Lactuca sativa L. seed germination; 4 basal soil
respiration rates; 5 s0il electrical conductivity (1:5); 6 s0il pH (1:2.5); 7 organic carbon content; 8 cation-exchange
capacity; ? free oxides iron; ° amorphous iron; 1! bulk density. * p < 0.05; ** p < 0.01.

4. Discussion

According to the different doses of peat added, we observed that the adsorption processes on
colloidal fractions of the soils played a key role in the As solubility. Although the cation exchange
capacity (CEC) and the organic carbon (OC) content of the analyzed soil samples was low, peat
additions increased the soil OC content, as well as the total humic extract and humic and fulvic acids,
which provides an important content of reactive colloidal fractions that allow the complexation of the
different chemical forms of As (mainly arsenates) [58]. The additions of 2% and 5% of peat enhance
arsenic retention above 98% in most cases (except in AZN), thus reducing its solubility. These results
are consistent with other studies proposing the use of peatland materials for the decontamination of
waters polluted with As and other PHESs, from, e.g., gold mines in Finnish Lapland [38] or Northern
England [59], among others. In the present study, soil properties such as pH, iron oxides content (Feo)
and OC are essential to As retention probably due to the influence they exert on the control of speciation,
bioavailability and solubility of As in soils [60,61]. Soil pH controls strongly the adsorption processes of
the arsenic in the soil [62]. Authors such as Jones et al. [63], Simon et al. [64], and Tyler and Olsson [65],
among others, agree that within the soil pH range (3.8 to 6.3), arsenic is more easily adsorbed, while
arsenic precipitation could decrease from pH > 6.5. These data agree with the obtained results, since
the different treatments with As, both in the SC and SNC soil samples, reveal a slight tendency to
increase the As solubility when the pH of the solutions increases. For example, in non-calcareous soil
samples (SNC) polluted with 300 and 600 mg-kg~! As, without peat additions, the Asyy concentration
is lower with respect to calcareous soil samples (SC) with a basic character. This, in addition to the
action of iron oxides, is because the pH in SNC is below 6.5. However, this increase in solubility
is minimal since it is damped by the action of remediation with peat. Thus, when the pHyy of the
solution is basic and Ca?* dominates in the cation exchange complex, it plays an important role in the
As adsorption promoting binding bridge between the forms of arsenate and the humic substances
of the peat, decreasing the As solubility, as it was observed in the SC samples, by the formation of
organo-mineral complexes [66]. On the other hand, in the case of SNC samples, the acidic pH of
the solution and the higher content of iron oxides, allow the co-precipitation of As with Fe and peat,
thereby justifying the decrease in the As solubility, compared to the samples not treated with peat.
Coinciding with Mukwaturi [67], the added organic matter is likely to play an important role in the
formation of complexes between organic matter, Fe (III) and As, leading to an immobilization of the
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arsenic. However, without peat additions, the content of Asyy was much lower than that added, which
shows the greater retention power that iron oxides perform compared to carbonates coinciding with
the stated by Kabata-Pendias and Pendias [5] and Pierce and Moore [68]. In fact, in anthropogenically
polluted soil samples (AZN), although the Ast concentration was 120.2 mg-kg~!, it showed a low As
solubility that could be largely controlled by the high amount of iron oxides present.

The observed decrease in As solubility showed positive results in the microbial activity of the
soils, according to Spearman’s correlation. However, this increase in microbial activity measured by
basal soil respiration appears to be related to the addition of peat rather than the consequent reduction
in As solubility; as the addition of peat improves physicochemical properties such as OC content and
porosity (Po), and activates soil biota [69]. Kumpiene et al. [70], stating that peat amendments in soils
polluted with As and high levels of Fe do not show toxicity to microorganisms, and, therefore, it is
the most efficient method of reducing As dissolved in water retained in soil pores and in depth, most
likely as a result of low soil density and good air diffusion in the soil, as could be deduced for AZN
soil samples. Similarly, Niemeyer [71] obtained a good positive correlation between added organic
amendments and basal respiration. However, other researchers maintained that the respiration of
certain microorganisms can be reduced by humus-rich peat extract and concluded that they can have a
toxic effect [72].

In the Lactuca sativa L. phytotoxicity test, the calcareous samples (SC), where the seeds do not
germinate at any of the As levels of pollution when they are treated with peat, showed a clear positive
response in seed germination (SG) and root elongation (RE), even higher than that obtained in the
controls. However, in the samples with no or low carbonates (SNC and AZN), peat addition did not
have a positive influence on SG and, consequently, on RE. Conversely, the addition of peat to SNC
and AZN on the Lactuca sativa L. bioassay showed a negative effect probably caused by the toxic role
that polyphenolic compounds such as lariciresinol-sesquilignan, which is found at a high level in the
peat, can play. In this sense, Nishiwaki et al. [73] examined the lariciresinol stereoisomers effect on
the growth of plants like Lactuca sativa L., and observed that most of the diastereomers reduced the
growth of Lactuca sativa L. at a rate between —20.7% and —1.6%. Likewise, Cutillo et al. [74] observed
inhibition of germination of Lactuca sativa L. between 50% and 75% at low concentrations of various
derivatives of lignans. A toxic effect caused by polyphenolic compounds that appear to be concealed
when calcium carbonate is present, as it does not occur in carbonate soil samples.

Finally, if we compare the influence that the peat dose added had in the bioassays, we observed
that in calcareous soil (SC) samples, 5% peat slightly improved the respiration rate in soils with high
pollution (600 mg-kg™! As) compared to the 2% peat dose. However, this fact is much more prominent
in the samples of non-calcareous soil (AZN and SNC) for the proportion of 5% peat in both levels of
pollution by As, which agrees with what has been reported by other authors studying the influence of
iron oxides rich-amendments, like the peat, in the restoration of As-polluted mine soils [75]. Likewise,
the addition of 5% peat is much more effective than the 2% in terms of root elongation for Lactuca sativa
L. in calcareous soil (SC) since it buffers the phytotoxic effects of the polyphenolic compounds even
at the 600 mg-kg™' As level of the SC samples. However, for non-calcareous soils, the addition of a
higher dose of peat has a large negative effect on SG and RE that does not compensate for the greater
reduction in the As solubility. Taking into consideration all this, and that the reduction in As solubility
achieved with the addition of 5% is greater than with the addition of 2%, although, without statistical
significance, the dose of peat to be added as the most recommended amendment for calcareous soils is
5%, while for non-calcareous soils it is 2% since it reduces the solubility and the phytotoxic effect of
polyphenolic compounds is less severe.

5. Conclusions

The application of peat as an organic amendment in As-polluted soils showed high efficiency
in fixing As in both natural and artificially polluted soils, regardless of the presence of calcareous
properties in the soils. While soils fix some of the added As, increasingly with higher iron oxide content
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in the soil, additions of 2% and 5% of peat greatly enhance arsenic retention, with values above 98% in
most cases. Peat addition increases OC, total humic extract, and humic and fulvic acids, providing
important colloidal reactive fractions that allow the complexation of the As compounds, reducing As
solubility. Soil As toxicity differs according to soil properties and peat addition. Biological response to
arsenic additions was worse (lower soil respiration and inhibition of Lactuca sativa L. seed germination)
in calcareous soils than in non-calcareous soils, and the former soils showed the greatest improvement
in biological response by lowering As toxicity with peat amendments. In fact, in non-calcareous soils,
peat addition has a negative effect on the biological response since peat contains large quantities of
polyphenolic compounds such as lariciresinol-sesquiligninan that have a phytotoxic effect, which in
the presence of carbonates appears to be concealed; thus additional studies are needed to assess the
potential toxicity of the use of peat as an organic amendment and to prevent hazards derived from the
environmental management of the As-polluted soils. Since, although both doses of peat tested (2%
and 5%) drastically reduced As mobility in calcareous soils, the 5% dose is the most recommended due
to the great reduction of As and the absence of phytotoxic effect by polyphenolic compounds; while,
in non-calcareous soils, the recommended dose is 2%, although peat amendment should be added
carefully in these soils to avoid phytotoxic effects.

Supplementary Materials: The following are available online at http://www.mdpi.com/2075-163X/10/11/968/s1,
Figure S1: Chromatogram of peat—Determination of polyphenolic profile of the peat.
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Abstract: Sewage sludge (SS) can be used as an organic amendment in agricultural soils, provided
they comply with the relevant legislation. This use can incorporate traces of metals into the soil,
which can cause environmental or human health problems. In the study period between 1992 and
2018 (26 years), it was observed that the use of SS as an organic fertilizer significantly increased
the total concentration of Zn, Cu, Cr, Ni and Hg of this study between 55.6% (Hg) and 7.0% (INi).
The concentration of Zn, Cu, Pb, Ni and Cd extracted with DTPA, also increased between 122.2% (Zn)
and 11.3% (Cd). In contrast, the Mn concentrations extracted with Diethylene Triamine Pentaacetic
Acid (DTPA)were 6.5% higher in the treatments without SS. These changes in the soil had an impact
on the crop, which showed a significant increase in the concentration of Zn, Cu and Cr in the grain,
between 15.0% (Cr) and 4.4% (Cu), and a decrease in the concentration of Mn, Cr and Ni in the
barley straw when SS was added to the soil between 32.2% (Mn) and 29.6% (Ni). However, the limits
established by current legislation on soil protection and food were not exceeded. This limited transfer
to the crop, is likely due to the high content of carbonates and organic matter in the soil, which limit
the bioavailability of most of the trace metals (TM) in the soil. As a conclusion, we observe that
the use of SS as an organic amendment increased the concentration of some TM in the soil, in its
bioavailable forms, and in the crop.

Keywords: trace metals; sewage sludge; calcareous soil; extraction DTPA; crop; transfer; long time

1. Introduction

As a consequence of the urbanization and industrialization of urban environments,
there is a growing generation of wastewater of domestic and industrial origin. This water
must be treated to ensure an environmentally safe and economically viable final destina-
tion. This wastewater treatment is generally carried out in treatment plants, and involves
a generation of sludge (sewage sludge, SS). As in many other countries, in Spain, SS is
considered waste, in accordance with the provisions of Law 22/2011 [1] on waste and con-
taminated soils, and must be managed in accordance. Depending on its final composition,
SS can have three possible destinations within the Spanish legislative framework. By order
of priority, these destinations are: (i) the application on agricultural soils, (ii) incineration
or co-incineration, and (iii) deposition in landfills. In Spain, the annual generation of SS
accounts for approximately 1,000,000 tons of dry matter, remaining stable in recent years,
approximately 80% of which is used in agricultural soils [2].

The agricultural use of SS as an organic amendment has been reported to provide
several benefits to agrosystems [3-6]. They include an increase in macro and micro nutrients

99



Minerals 2021, 11, 356

in soil [7,8] and an increase in the content of organic matter [9-12]. These inputs normally
result in higher crop yields [10,13,14].

However, this application involves a series of environmental and human health risks.
Some of these risks are the possible transfer of genes encoding resistance to antibiotics [11],
and the accumulation of persistent organic pollutants [4] or of trace metals (TM) in soil.
Trace metals can accumulate in the surface layers [12,15-17] and/or leach out of the agrosys-
tem [18-20], causing environmental contamination [4,21], ecotoxicity problems [14,22,23]
or becoming part of the trophic chain due to their translocation in crops [21,24].

To control these risks, different strategies have been developed in order to minimize
the impact of TM on soils where SS is applied [25]. On the one hand, there are legislative
tools addressing soil protection [25-27] and animal and human food protection [28,29].
On the other hand, SS purification and stabilization techniques have been improved to
obtain higher quality biosolids with a lower concentration in TM [30-32].

Along with these strategies, long-term studies are of great importance, as they allow
observing the actual evolution of TM in soil, and therefore, the assessment of their true
risk of accumulation and possible transfer to food, in the particular conditions of each
soil and crop [16,17,32-34]. In this sense, the literature shows variable results, with some
studies showing enrichments of TM in crops [16,33], and other studies reporting no accu-
mulation [24,35]. This reflects the possible influence of edaphoclimatic conditions and SS
composition on the consequences of their application, and highlights the need to consider
these conditions in its study.

In this framework, a relevant factor in the assessment of the consequences of SS
application to soil is to determine the proportion of TM present in the soil that are available
to be adsorbed by crops. This proportion constitutes the so-called bioavailable fraction,
and is influenced by the nature of the element, their interaction with soil components,
soil properties, and the contact time of soil with the metal [36]. Some studies have shown
that this concentration increases faster than the total concentration in soil as a consequence
of the application of SS [37]. A series of methodologies have been developed to determine
the concentration of bioavailable TMs in soils. A widely extended and accepted one
is the use of the chelating agent DTPA (Diethylene Triamine Pentaacetic Acid) as an
extractant [16,37—41].

Among the aspects related to the composition of soil that can modulate the bioavail-
ability of TM, the amount and type of organic matter received with SS is determinant,
as it can determine the formation of chelates, exchange complexes or organometallic com-
plexes [12,42,43]. These phenomena can lengthen the retention time of trace metals in
soil [44], limiting their bioavailability and their introduction into the trophic chain. On the
other hand, in calcareous soils, the bioavailability of TMs in relation to their total content
is assumed to be lower than in other types of soils due to the presence of carbonates.
Carbonates maintain a high soil pH and are associated with sorption and precipitation
processes of TM [15,45].

The general objective of this study was to assess the effect of long-term application
of SS on the content of TM and their analytical bioavailability, and actual transfer to the
most frequent crop in the rotation used in the area of study, in a cultivated calcareous
soil. To this end, we studied the effect of the accumulated dose of SS on the total and
DTPA-extracted content of TM in the soil after 26 years of SS application at different doses
and frequencies in an experimental field. Then, the actual absorption by the crop was
assessed by studying the concentration in TM of grains and leaves of barley grown after
26 years of experimentation.

2. Materials and Methods
2.1. Site Description

The study was carried out in an experimental field located in the municipality of
Arazuri, in the region of Navarre, in Northern Spain. The field belongs to the local
municipal wastewater treatment company (Commonwealth of Pamplona, Navarre, Spain).
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The experimental field was setup in 1992, in order to assess the long-term effect of the
direct application of SS as an agricultural amendment both in the soil and crops.

The experimental field is located on a Calcaric Cambisol [46], with a loam-clay-
silty texture and more than 16% carbonates in the upper horizon (0-30 cm). The main
soil characteristics at this depth are shown in Table 1. It is a well-drained soil, without
problems of effective depth and under rainfed agricultural use for decades. Climate in this
region is temperate sub-humid Mediterranean, with an average annual temperature of
12.9 °C, an average annual rainfall of 771 mm, and an average potential evapotranspiration
according to Thornthwaite [47] of 696.7 mm between 1981 and 2010. [48].

Table 1. Average values of the physicochemical properties of the tilled horizon (0-30 cm) of the study soil and analytical

methods used. Control soil and soil amended with sewage sludge for 26 years. Values are given as the mean + standard

deviation (1 = 4).

Soil Physical-Chemical Properties Control After 26 Years Analysis Methods
pH 8.67 + 0.03 8.45 +0.11 Soil pH in water 1:2 [49]
Electric Conductivity (ps cm ) 169 £ 10 233 £11 Diluted soil:water Extract 1:2.5 [50]
Bulk density (g cm—3) 1.59 £ 0.08 1.54 £0.01 Core Method [51]
Carbonates (%) 16.0 £ 2.1 167+ 14 Bernard calcimeter [52]
Organic Carbon (%) 1.35 £ 0.02 1.56 +0.03 Wet Oxidation-Redox Titration Method [53]
Total Phosphorus (mg kgfl) 603 £ 52 945 + 38 Microwave digestion + ICP-MS [54,55]
Available Phosphorus (mg kg~ !) 322415 994 + 84 Sodium Bicarbonate-Extractable P at pH 8.5 [56]
Total Potassiun (mg kgfl) 9294 + 550 9709 + 185 Microwave digestion + ICP-MS [54,55]
Available Potassiun (mg kgfl) 109 £+ 15.0 110 £ 9.00 Ammonium Acetate Method at pH 7.0 [57]

2.2. Experimental Design

The experimental field was setup to study the effect of SS in the soil and crops,
by verifying which doses were the most adequate ones to avoid risks of contamination
by TM, on a conventional crop rotation in this area. The design is block factorial, with
four repetitions (n = 4), and with combinations of two application rates (40 Mg ha~!
and 80 Mg ha~!) of SS, and three frequencies (1, 2 and 4 years). Therefore, the treatments
applied are 40 Mg ha~! annually, 40 Mg ha~! every two years, 40 Mg ha~! every four years,
80 Mg ha~! annually, 80 Mg ha~! every two years and 80 Mg ha~! every four years. There
is also a control treatment in which SS or other fertilizers are not applied denominated
“Control”, and a treatment that receives mineral fertilization (46% urea and Ammonium
Sulfate) at the commercially recommended dose denominated “MinFer”. The individual
plots per replicate, corresponding to the different treatments, had a surface area of 35 m?
(10m x 3.5 m).

The doses were calculated in 1992 based on the restrictive regulation of 250 N fertilizer
units (NFU) per hectare and year, without taking into account the N yield for the year
of application. As such, the treatment using 40 Mg ha~! per year was set as the one
corresponding to this dose, and those receiving less or more SS were used to follow
the evolution of soil and crops below and above the recommended dose at the time.
The frequencies of two and four years were established according to the common practices
of farmers in the area, and the recommendations of the entity that supplied the SS. The N
equivalence of the added doses has varied (Table 2) due to the S5 composition changes
over time (Table 3).

Table 2. N fertilizer units (NFU) provided by the study doses according to the N concentration in SS
as used at the beginning of the study (1992), and at the end of the study (2018), without taking into
account the annual yield of N for the dose provided.

Doses Sewage Sludge NFU 1992 NFU 2018
40 Mg ha~! every year 250 480
80 Mg ha~! every year 500 960
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Due to the interest of the cumulative study of TM, from the total doses provided in each
treatment during the 26 years of the study, 5 ranges of accumulated SS were established:
(i) 0 Mg ha~! of SS (MinFer and Control), (ii) 250 Mg ha~! of SS (40 Mg ha™! every 4 years),
called 250MgSS, (iii) correspondent 520 Mg ha~! of SS and 560 Mg ha~! of SS (40 Mg ha~!
every 2 years and 80 Mg ha~! every 4 years) called 500MgSS, (iv) 1040 Mg ha~! of SS
(40 Mg ha~! every year and 80 Mg ha ™! every 2 years) called 1000MgSS and (v) 2080 Mg ha~!
of SS (80 Mg ha~! every year) called 2000MgSS. The crops used corresponded to a rainfed
conditions in a rotation of 3 years (barley-barley—sunflower), managed in a conventional
way (annual tillage with a 30 cm deep moldboard plough, and application of phytosanitary
products according to the needs of the crops each year). The 2018 yield values expressed in
percent 12% moisture were provided as supplementary material, firstly, for each fertiliza-
tion treatment (Table S1) and, secondly, an average value was provided for treatments that
had received SS and those that had not received SS (Table S2).

2.3. Sewage Sludge Characteristics and Application

The application of SS in each campaign was carried out in September, coinciding with
the work of preparing the soil for cultivation. This application was made using a 3.5-m
wide spreader trailer. Once the amount of SS corresponding to each treatment was spread,
it was mixed with a moldboard plough down to 30 cm. This was conducted annually
between three and four weeks before seeding.

The SS used in this study comes from the wastewater treatment plant correspond-
ing to the city of the Pamplona region and its metropolitan area, with approximately
335,000 inhabitants [58]. Wastewater undergoes a primary treatment, followed by a bio-
logical treatment and a nitrification and denitrification treatment. The resulting sludge
undergoes a mesophilic and dehydration treatment, obtaining biologically stable SS, with
the physical-chemical characteristics detailed in Table 3. These characteristics comply
with the Spanish national regulations on the maximum concentration of TM in SS used as
organic amendments in Agriculture [26].

Table 3. Physical-chemical properties of the sewage sludge (SS) used in this study in 1992 (start of the experiment) and 2018
(sampling) together with the analytical methods used. Mean annual values & standard deviation. The maximum legal
limits of TM allowed in SS intended for agricultural use are indicated for each TM.

Sewage Sludge Physical-Chemical 1992 2018 Legal Limit Analysis Method
Properties General parameters
pH 8.01 8.16 £ 0.03 NA Soil pH in water 1:5 [49]
Electric Conductivity (pus cm~3) NA 1795 + 28 NA Diluted Extracts 1:5 [50]
Dry material (%) 28.8 18.1+04 NA Direct calcination at 540 °C [59]
Volatile matter (% of dry substance) NA 62.8 £1.9 NA Direct calcination at 540 °C [59]
C/N 10 5.35 + 0.08 NA
Fertilizing elements (% of dry substance)
N total 2.18 5.85 4 0.13 NA Kjeldahl digestion and distillation [60]
N ammonium 0.18 0.75 4 0.02 NA Kjeldahl digestion and distillation [60]
Phosphorus (P,0s) 3.62 5.59 +£0.22 NA Microwave digestion + ICP-MS [54,55]
Potassium (K,O) 0.51 0.62 + 0.05 NA Microwave digestion + ICP-MS [54,55]
Iron (Fe) 1.48 1.68 £+ 0.04 NA Microwave digestion + ICP-MS [54,55]
Calcium (CaO) NA 7.98 + 0.29 NA Microwave digestion + ICP-MS [54,55]
Magnesium (MgO) NA 1.10 + 0.05 NA Microwave digestion + ICP-MS [54,55]
Trace metals (mg Kg—! dry weight)

Cadmium (Cd) <10 0.88 £+ 0.09 40 Microwave digestion + ICP-MS [54,55]
Copper (Cu) 302 187 + 11 1750 Microwave digestion + ICP-MS [54,55]
Nickel (Ni) 75 32.1+0.77 400 Microwave digestion + ICP-MS [54,55]
Lead (Pb) 191 39.0+£1.2 1200 Microwave digestion + ICP-MS [54,55]
Zinc (Zn) 1230 874 + 38 4000 Microwave digestion + ICP-MS [54,55]
Mercury (Hg) NA 0.003 £ 0.003 25 Microwave digestion + ICP-MS [54,55]
Chromium (Cr) 112 583 +3.2 1500 Microwave digestion + ICP-MS [54,55]
Manganese (Mn) NA NA NA Microwave digestion + ICP-MS [54,55]

NA: Not analyzed.
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2.4. Soil and Crops Sampling

After 26 years from the beginning of the trial, a specific sampling was carried out to
evaluate the concentration and availability of trace metals in the soil, as well as in the aerial
parts (grain and straw) of barley.

Soil sampling was carried out in September, after the previous crop cycle ended,
and before the application of SS for the following campaign. Samples of each treatment
and replicate were collected at 0-30 cm depth, with an auger. A sample composed of
three subsamples was collected in each plot. Samples were immediately transferred to the
laboratory in polyethylene bags protected from sunlight, were dried at room temperature
and ground to 2 mm.

Crop sampling was carried out at complete physiological maturity, 5 days before
harvest. A sample of the aerial part of the crop was taken from each treatment and
repetition, avoiding the edges of each plot. Crop samples were transferred to the laboratory
in paper bags, and oven-dried at 50 °C for 7 days. Once dry, they were shelled with a 6mm
sieve to separate the grain from the straw, and each part was ground separately with an
agate ball mill.

2.5. Analytical Methods
2.5.1. Total Concentration in TM in Soil and Crop Samples

Soil, grain and straw samples for the determination of Cr, Cu, Mn, Ni, Zn, Cd, Pb
and Hg were microwave-digested. Following the methodology described in EPA 3051 [55],
0.3 g of soil, 6 mL of 67-69% TraceMetal™ HNOj3, 2 mL 34-37% TraceMetal™ HCl and
2 mL of Milli-Q water were used for total Soil TM determinations. For the analysis of
both parts of the crop (straw and grain), the methodology described in EPA 3052 [61] was
followed; 0.25 g of sample, 4 mL of 67-69% TraceMetal™ HNO3, 2 mL of HyO, at 30% and
4 mL of Milli-Q water were used.

The mixing of the samples with the reagents was carried out directly in teflon tubes
(PTFE) and then closed. They were treated in an ETHOS UP, Microwave digestion system
(Milestone, Sorisole, Italy). For soil and crop samples, microwaves were emitted for 50 min
and 1 h, respectively. To obtain a complete digestion, soil samples reached 200 °C for 20 min,
and crop samples, 220 °C for 30 min. The temperature was controlled by a system of probes
that constantly measure the process temperature. Once the digested samples had cooled
within the system, each sample was filtered and transferred pre-tared 50 mL polypropylene
containers, which were made up to their capacity with Milli-Q water. Between samples,
the PTFE was rinsed with 5% HNOs3, five times and subsequently washed with Milli-Q
water. Between different matrices, to avoid contamination, a blank digestion was carried
out at 170 °C and, subsequently rinsed with Milli-Q water.

External calibration standards, and internal standards, were included in the sample
set by means of a T system in the equipment’s sample introduction system.

2.5.2. Extraction with DTPA of Soil Samples

To evaluate the bioavailability of TM in the soil, the DTPA-extractable concentrations
of Cr, Cu, Mn, Ni, Zn, Cd and Pb were determined, using the extraction procedure
described in the UNE 77315:2001 standard [62], equivalent to the international standard
ISO 14870:2001 [63]. This extraction procedure aims to detect the TM concentrations in the
most labile fractions of soil, and therefore potentially absorbable by plants [64].

The extraction solution was prepared by mixing, first, 0.735 g of CaCl,-2H,0, 0.984 g of
diethylene triamine pentaacetic acid—DTPA (C14H23N301¢) and 7.46 g of Triethanolamine—
TEA (C¢H15NO3) in a beaker. The mixture was then diluted with 800 mL of deionized
water and the pH was adjusted to 7.3 with HCl. The solution was finally transferred to a
1000 mL flask, made up to the mark and homogenized. The solution was stored at 20 °C
until used. Subsequently, in a 100 mL wide-mouth polypropylene container, 20 g of soil
sample and 40 mL of the solution were mixed. The recipient was hermetically closed and
stirred for 2 h at 20 °C on a reciprocating shaker at 30 rpm. Then a fraction of the extract
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was decanted, placed in a centrifuge tube, and centrifuged for 10 min at 6000 rpm. The
supernatant was filtered with a membrane filter with a pore size of 0.45 um, collected in a
polyethylene bottle, and stored in the refrigerator. The blank extractions for each batch of
analysis were carried out in the same way but without soil samples.

All glass and plastic material used in this procedure were previously washed in 5%
HNO3, and in deionized water, 3 times. Then they were rinsed with distilled water and
with the extracting solution, 3 and 1 times, respectively.

2.5.3. Trace Metals Determination

The determination of TM concentrations in digested soil and crop samples was carried
out by ICP-MS in a 7700x analyzer (Agilent Technologies, Santa Clara, CA, USA), following
the UNE-EN 17053 standard [54]. The DTPA extracts were analyzed before 48 h from their
preparation, using the same analysis method.

2.6. Statistical Analysis

A statistical analysis was carried out for each MT, with a significance level of 5%,
to contrast the difference in means depending on the fertilizer dose received, understand
this factor in six different levels associated with the ranges of accumulated contribution of
SS, and distinguish the control of mineral fertilization. Thus, it was analyzed by one-factor
ANOVA, carried out with R (R Core Team 2019, Vienna, Austria), with six levels: control
(Control), mineral fertilizer (MinFer), 250 Mg per ha of S5 (250MgSS), 520-560 Mg per ha
of S5 (500MgSS), 1040 Mg per ha of SS (1000MgSS) and 2080 Mg per ha of SS (2000MgSS).
We will refer to the factor as “Fertilizer Treatment”.

The ANOVA results are presented accompanied by BoxPlot graphs with whiskers
where indicated, when the existence of any difference was confirmed, the groupings of
factor levels (a, b, c...) after a study of multiple comparison of means two to two using the
Tukey test.

In a complementary way, in order to contrast the effect of the application of SS per se,
a study was carried out for each TM for the difference in means depending on whether the
treatment had received SS (regardless of the quantity) called “With SS” or had not received
SS (control and MinFer) called “Without SS”, at 5% significance. This statistical analyses
were carried out with R (R Core Team 2019, Vienna, Austria).

3. Results
3.1. Total Concentration of Trace Metals in Soil

The ANOVA showed significant differences in the total concentration of Zn, Cu, Cr,
Ni and Hg in soil between the different Fertilizer Treatments (Figure 1).

The total concentrations of Cu, Cr and Hg showed significant differences between
the control treatment (either SS or mineral fertilization) and the treatment with the highest
accumulated SS dose (2000MgSS), which displayed the lowest and highest concentrations,
respectively.

The total concentration of Ni in soil was significantly different between the treatments
that had not received SS (control and MinFer) and those that had received SS.

In the case of Zn, significant differences were found between the treatments that
had not received SS and those that had received SS. Moreover, in treatment 2000MgSS,
the concentration increased.

No significant differences were found in the total concentration in Pb, Cd, and Mn as
a function of the different fertilizer treatments studied.

The complementary study based on the contrast between treatments with SS and
without SS (Table 4) confirmed the results obtained from ANOVA. This analysis, revealed
higher values overall for the total concentration of Zn, Cu, Cr, Ni and Hg in the treatments
that had received SS than in those that had not received SS. The average increase with SS
was of 55.6% in Hg, 29.3% in Zn, 21.5% in Cu, 7.7% in Cr and 7.0% in Ni.
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Figure 1. Box-and-whisker plot indicating different homogeneous groups in the multiple comparison Scheme (0-30 cm).
Values showing the same letter belong to the same homogeneous group according to Tukey’s test (p < 0.05).
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Table 4. Mean =+ standard deviation of the total concentration of Mn, Zn, Cu, Cr, Pb, Ni, Cd and Hg in soil, depending on
whether they have received SS or not, together with their p-value.

Treatment

TMsorr totar (mg kg=1)

Mn Zn Cu Cr Pb Ni Cd Hg
With SS 484 £ 21 69.0 £9.2 21.7+£21 503+ 1.7 19.0+13 266 £1.2 023+0.02 0.14=£0.03
Without SS 475 £ 13 534 +£23 179 £ 1.0 46.7 £ 1.6 184 +0.8 249 £0.7 023+0.01 0.09+0.01
p-value 0.13 0.00 * 0.00 * 0.00 * 0.14 0.00 * 0.22 0.00 *

* Significant difference.

3.2. Concentration of DTPA-Extracted Trace Metals in Soil

The results showed that the concentration in DTPA-extracted Zn, Cu, Pb, Ni and Cd,
increased with the use and dose of SS (Figure 2).

In all TM except for Mn, DTPA-extracted concentrations were found to be significantly
lower in the control than in the treatment 2000MgSS. Furthermore for Pb, a significant
difference was observed between the treatments that did not receive SS and those that
received SS. For these TMs, the minimum amount of SS applied represented a significant
increase in the extractable concentration by DTPA.

In the case of Zn extracted with DTPA (Figure 2), a significant difference was observed
between the treatments that did not receive SS and those that received SS. At treatment
2000MgSS, the bioavailable concentration in soil increased.

Cu showed three statistically different groups, with the treatments corresponding to
0 Mg per ha of SS accumulated (control and MinFer) grouped together with the lowest
concentrations, the treatments comprised between 250MgSS to 1000MgSS in another homo-
geneous group with intermediate values, and the treatment 2000MgSS with the highest
observed value.

Finally, it was not possible to quantify the concentrations of Cr extracted by DTPA,
as it was below the detection limit of 0.5939 ppb.

The complementary statistical study found that the average concentration in Mn
extracted with DTPA was 6.5% higher in the plots that had not received any dose of SS,
compared to those that had received SS (Table 5). This same analysis confirmed the results
of the ANOVA analysis, revealing higher values in the treatments that had received SS
applications compared to the treatments without SS for DTPA-extractable Zn, Cu, Pb, Ni
and Cd. The average gains were of 122.2% in Zn, 61.1% in Cu, 27.3% in Ni, 14.9% in Pb and
11.3% in Cd. Finally, only Cu and Zn showed a clear correlation in their DTPA-extracted
concentrations and those found in bulk soil (Figure S1).

Table 5. Mean =+ standard deviation of the DTPA extractable concentration of Mn, Zn, Cu, Pb, Ni
and Cd in soil, depending on whether they have received SS or not, together with their p-value.

TMsor prea (mg kg=1)
Mn n Cu Pb Ni Cd

With SS 885+086 420+127 282+£053 200£011 028=+£0.04 0.07=£0.00
WithoutSS 947 +£028 1.89+036 175+0.16 174+£0.07 0.22+0.02 0.06+0.00
p-value 0.01* 0.00 * 0.00 * 0.00 * 0.00 * 0.00 *

Treatment

* Significant difference.
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Figure 2. Box-and-whisker plots that indicate different homogeneous groups in the multiple comparison of means two to

two of the concentration extracted by DTPA of the trace metal Mn, Zn, Cu, Pb, Ni and Cd existing in the soil according

to the fertilizer treatment received in the study horizon (0-30 cm). Values showing the same letter belong to the same

homogeneous group according to Tukey’s test (p < 0.05).

3.3. Concentration of Trace Metals in Barley Grain and Straw

In relation to grain, no significant differences were detected in the concentration of
TM in grain as a function of the different treatments, with the exception of Zn (Table 6).
Zn concentration showed the highest concentration in grain in the fertilizer treatment
corresponding to 2000MgSS. The result of the complementary analysis, confirmed the
significant difference in Zn, and revealed differences in Cu and Cr (Table 7). For these TM,
the concentrations in barley grains were significantly higher in the treatments that had
received SS than in those without SS application. The average increases were of 15.0% in
Cr, 8.3% in Zn and 4.4% in Cu.
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Table 6. Different homogeneous groups in the multiple comparison of two to two means of the concentration of the trace metal Mn, Zn, Cu, Cr, Pb, Ni, Cd and Hg in grain and straw

according to the fertilizer treatment received in the study horizon (0-30 cm). Mean + standard deviations. Values in the same column showing the same letter belong to the same

homogeneous group according to Tukey’s test (p < 0.05).

TM Crop (mg kg~ 1)

Fertilizer N
Treatment Mn Zn Cu Cr Pb Ni Cd Hg
Grain Straw Grain Straw Grain Straw Grain Straw Grain Straw Grain Straw Grain Straw Grain Straw
250MgSs 173 £ 0.6 1683 £ 24 3433b 124 8.16 + 1.00 5.94 £ 0.39 2.88 +0.28 1.3540.23 1.71 £ 0.44 0.10 + 0.00 0.24 +0.01 0.83 £0.11 0.95 £ 0.25 0.01 + 0.00 0.04 £ 0.01 0.01 £ 0.00 0.01 + 0.00
500MgSS 168+ 1.6 1743 £22 3102 +26 7.31 £ 0.96 5.69 £ 0.32 2.50 £ 0.41 123+0.18 1.58 £0.19 0.10 £ 0.01 0.25 £ 0.07 0.81 £ 0.09 1.01+£0.21 0.01 + 0.00 0.03 £ 0.00 0.01 £ 0.00 0.01 £ 0.00
1000MgSs 171+£18 1562 +46 3522ab 1+ 32 6.98 + 1.68 5.67 £0.32 2.67 +0.63 131403 1.84 +£0.71 0.10 + 0.01 0.22 +0.09 0.83 £0.13 1.02 +£0.32 0.01 + 0.00 0.03 + 0.00 0.01 £ 0.00 0.01 + 0.00
2000MgSS 17.8+12 17.73¢ £ 3.1 3710 £41 7.00 £ 0.37 5.63 + 0.44 2.78 £ 0.53 1.41 +£0.08 1.54 +0.82 0.11 +0.01 0.27 +0.14 0.90 + 0.02 0.96 + 0.48 0.01 + 0.00 0.03 + 0.01 0.00 = 0.00 0.01 + 0.00
MinFer 184 +1.1 244b¢ 34 3043 426 691 +£1.76 5.66 =+ 0.21 2.82 +0.55 1.03 + 0.06 226 +1.01 0.10 = 0.01 031 +0.10 0.73 £ 0.05 1.51 +0.57 0.01 + 0.00 0.04 + 0.01 0.01 = 0.00 0.01 + 0.00
Control 173 +18 251¢+53 3213b £ 26 9.26 £ 1.60 527 £0.17 2.25+0.39 1.26 +0.47 255+ 0.45 0.12 £ 0.03 0.23 + 0.04 078 £0.25 1.34 + 040 0.01 + 0.00 0.03 + 0.01 0.00 = 0.00 0.01 + 0.00

Table 7. Mean =+ standard deviation of the concentration of Mn, Zn, Cu, Cr, Pb, Ni, Cd and Hg in the crop (grain and straw), depending on whether or not they have received SS, together

with their p-value.

TMcrop (mg kg—1)

Treatment
reatmen Mn Zn Cu Cr Pb Ni cd Hg
GRAIN With SS 171+ 14 340 £3.7 571+ 035 1.30 £ 0.22 0.10 £ 0.01 0.83 £ 0.10 0.01 £ 0.00 0.01 £ 0.00
GRAIN Without 55 17.8 £ 1.6 314426 5.47 +0.27 1.13 £ 0.30 0.11 + 0.03 0.75 = 0.15 0.01 + 0.00 0.01 % 0.00
p-value 0.32 0.045 * 0.038 * 0.047 * 0.64 0.062 0.25 0.59
STRAW With SS 168 £33 729 £ 121 2.66 + 0.48 1.68 + 0.53 0.24 £ 0.09 1.00 = 0.29 0.03 £ 0.01 0.01 £ 0.00
STRAW Without S5 248 + 4.1 8.08 = 2.00 2.53 + 0.54 2.40 + 0.74 0.27 + 0.08 142 £ 047 0.03 % 0.01 0.01 % 0.00
p-value 0.00* 0.19 0.26 0.01 * 0.40 0.00* 0.71 0.46

* Significant difference.
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In straw, no significant differences were found in the concentration of TM analyzed
as a function of the fertilizer treatment, with the exception of Mn (Table 6). The Mn
concentration in straw in the treatments without SS was significantly higher than in those
that had received SS. The result of complementary analysis confirmed the significant
difference in Mn and revealed differences in Cr and Ni (Table 7). In the three TM, the
concentrations in the straw of the treatments that had not received SS were higher than
those that had received SS. The average decrease was 32.2% in Mn, 30.0% in Cr and 29.6%
in Ni.

4. Discussion

4.1. I1;ﬂuence of Sewage Sludge in Total and DTPA-Extracted Concentrations of Trace Metals
in Soi

4.1.1. Total TM Concentrations in Soil

In general, the TM concentration found in soil, in descending order was Mn> Zn> Cr>
Ni> Cu> Pb> Cd> Hg. The application of SS significantly increased the total concentration
of Zn, Cu, Cr, Ni and Hg in the soil. These results are in line with those found in other
locations and experimental sites. For instance, in a study carried out on a Mediterranean
agricultural soil, Reference [16] obtained similar results, where the concentrations of Cu, Zn,
Ag, Sb, Hg and Pb in the soil increased with the application of SS over 15 years, compared
to the control and to mineral fertilization. In studies conducted on other soil types such as
Cumulic Haplustolls and an Udic Calciustoll [65], it was also concluded that Cr, Cu, Cd,
Pb and Zn accumulated in the most superficial layers of the soil after the application of SS
over several years.

The different behavior of the TM analyzed can be explained by both their concentration
in SS, and their particular behavior in soil. As it can be seen in Figure 1, the concentrations
of Zn, Cu, Cr and Hg were significantly higher in the treatments receiving the highest dose
of SS, 2000MgSS (corresponding 80 Mg ha~! of SS every year for 26 years), compared to
the control plots. This dose is possible only within the framework of research. Although
the annual amounts of TM that can be applied to agricultural soils comply with the current
legislation RD 1310/1190 [26], the regional regulations on the use of SS in agriculture in
Navarra (Orden Foral 359/2010 [66]) is more strict. This regulation prohibits exceeding the
dose of 250 NFU annually in general, and of 170 NFU in areas designated as vulnerable to
nitrate contamination according to EU Directive 91/676/CEE [67]. The dose of 80 Mg ha~!
of SS every year is therefore well above the one allowed at the local level (Table 2), which
corresponds to 20 Mg ha~! every four years in rainfed crops. To this, it has to be added that
current regulations on organic fertilization also impose limits that make this dose above
those allowed [68].

In the particular case of Zn, the significant enrichment observed in the soil with in-
creasing SS application can be related to the high concentration of Zn in SS (874 mg Kg~!,
Table 3). These results were also observed in a previous study carried out in this experi-
mental field [11].

In Nj, a significant difference was observed between the treatments that had received
SS compared to those that had not received SS (Figure 1). This was not observed in studies
previously conducted under similar conditions [39], and in the same experimental field [11].
This suggests, that although the concentration of Ni in SS was low (32.1 mg Kg~?, Table 3)
it was sufficient to generate an increase in concentration in the plots that received SS at any
dose after 26 years of continuous application. The application time and the accumulated
dose seem therefore to have consequences in the accumulation of this element in soils like
the one studied here. A significant increase in total Ni was also observed in a study carried
out in two soils in India, with neutral pH, warm steppe climate, sunflower and wheat
cultivation, fewer applications and lower doses of SS than those used in this study [41].

In Mn, Pb and Cd there were no significant differences in their total concentration in
the soil between any fertilizer treatment, whether they received SS or not, as previously
found in this experimental site [11], and in other studies with similar conditions but
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lower doses of SS, for Mn and Cd [16]. Despite amending with lower doses, Iglesias [16]
found a significant increase in Pb, probably due to the concentration of this element in
the SS used (112 + 21 mg ka™!), while in our study, the concentration of Pb was lower
(39 £ 1.2 mg ka1, Table 3). In another study in Sweden, since 1997, in a silty clay soil (42%
clay), cereal crop but acid pH, Pb did not suffer significant increases and Cd increased only
when SS with metal salts was added [10]. It is important to note that the doses applied
were lower than in our case study.

It has to be noted that, despite the observed cumulative effect of SS application on
total Zn, Cu, Cr, Ni and Hg concentrations, these concentrations were always below the
legal limit for soils with a pH greater than 7, as indicated by the Spanish national legislation
RD 1310/1190 [26], and the European Directive 86/278/EEC [27]. Previous studies carried
out under similar conditions coincide with this observation [12,16,17]. Our results indicate,
however, that the use of SS for fertilization purposes, in the conditions used here can have
a relevant and cumulative effect on the total concentration of TM in the soil, which should
be monitored in the long term.

4.1.2. DTPA-Extractable TM Concentrations in Soil

In general, the order of concentration of TM in the DTPA extractable fraction was Mn >
Zn > Cu > Pb > Ni > Cd. It was observed that for Zn, Cu, Pb, Ni and Cd, the concentration
extracted with DTPA was significantly higher in the treatments that received SS than
in those without SS, as already observed in many other studies [22,35]. Assuming that
these concentrations represent the most readily available forms of TMs in soil, they would
be affected by three factors: the source or origin of these TM (in the case, the SS), the
characteristics of the soil and soil conditions associated with their application, and the
particular behavior of each TM. In relation to the source, anthropogenic TMs are known to
be more bioavailable than pedogenic metals [42,69,70].

In relation to soil parameters that might influence TMs bioavailability in the experi-
mental site of this study, the most relevant ones are pH, the presence of carbonates, and the
possible modifications in the retention of cations associated with the presence of organic
matter. The high pH (8.5) associated with a high content of carbonates in the depth of study,
hinders the mobility of TM in the soil to phases easily absorbed by the crops [15,45]. To this
fact we must add that increasing the content of organic matter by continuous addition
of SS can favor the formation of organo-metallic complexes [12,42,43], and increase the
cation-exchange capacity of soil [42,71,72], which would also reduce the mobility and
availability of TMs. In addition, the use of phosphate compounds has been proven to be
efficient for the chemical immobilization of heavy metals in soils [73,74]. In this study, SS
contributed a high concentration of phosphorus (P) to the soil, due to the affinity of this
element with the solid fraction of SS during the wastewater treatment process [6]. It has
been indeed observed in this experimental field that the application of SS increased the total
and available content of P in soil [11], which could increase the immobilization of different
TMs [71]. The behavior of the different TM analyzed was however not homogeneous. In
Ni and Cd extracted by DTPA, only the treatment 2000MgSS caused a significant increase
in the concentration with respect to the control (Figure 2). Both TMs have similar mobility
in SS [39]. Cd tends to be found in a greater proportion strongly absorbed to organic
matter and/or easily reducible Mn oxides and amorphous iron oxides, while Ni can also
be strongly bound or incorporated into organic matter or into other oxidizable species [39].
When SS is incorporated into the soil, these TM undergo a minimum redistribution, remain-
ing above all strongly adsorbed to organic matter and carbonates [39,75,76]. This mobility
in SS and soil, together with the low concentrations of both TMs in SS (Table 3), can explain
the observed increase in bioavailability only in the treatments corresponding to the highest
SS doses, as well as the lack of a clear relationship between total and DTPA-extractable
concentrations (Figure S1). These results coincide with those described by Navarro [77],
who determined, by means of a column experiment, that the Cd and Ni extracted by DTPA
increased only after the use of large doses of SS in calcareous soils. In the case of Cd, it
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has however been observed that in soils modified with biosolids greater mobility can be
observed as exchangeable Cd associated to the greater exchange capacity of some organic
components added to the soils [76]. It is important to take this into account since Cd is a
non-essential TM.

For Pb extracted by DTPA, a significantly higher concentration was observed in
the treatments with SS compared to those that had not received SS. In this case, the
contributions through SS were low (39.0 mg Kg~!, Table 3), and considering its affinity
with organic ligands [78], it can be thought that a relevant part of its concentration was
associated to organic matter in SS. The mineralization of organic matter would thus imply
a gradual release of the Pb attached to it. In the case of calcareous soils, this release
would be associated with the formation of forms that are not readily bioavailable for crops,
mostly in the form of carbonates [76,79,80]. As such, the increasing concentration of Pb
with increasing accumulation of SS-derived organic matter would be outbalanced by this
behavior of Pb in calcareous soils that would imply its progressive incorporation into stable
forms as it is released by organic matter mineralization, explaining also the low correlation
between total and DTPA-extractable Pb (Figure S1).

In relation to Zn extracted by DTPA (Figure 2), the response was similar to that
observed for total concentration in soil (Figure 1 and Figure S1). This is probably due to
the high concentration of Zn in SS (874 mg Kg !, Table 3) and the mobility of this TM.
According to Morera [39], in SS such as the one used, Zn is mainly found together to organic
matter and Fe and Mn oxides. However, about 10% can be in easily mobile forms. Some
studies have determined that Zn may be biologically available and mobile in soils that
have been treated with SS for long periods [81]. Kabata Pendias [82] already mentioned
that the long-term addition of biosolids to the soil can increase the fraction of bioavailable
Zn. This mobility has been observed to increase with time of SS addition to soil since, as
it can form soluble chelates with humified and non-humidified forms of organic matter,
which in turn can be easily degraded by soil microorganisms [83,84].

DTPA-extractable Cu showed significant differences between the different doses of
accumulated SS, with an increasing concentration with the increase of cumulative SS
dose (Figure 2 and Figure S1). This behavior can be related to the great affinity that Cu
has with organic matter [78,85]. It is likely that the Cu present in SS was mostly bound
to organic matter. When added to the soil would hardly undergo any redistribution,
as it can be retained to the organic fraction of the soil through stable organic-mineral
complexes [40]. At the same time, the increment in the density and activity of the soil
microbial biomass associated to the addition of SS with a low concentration in TM to the
soil [86], can contribute to gradually incorporate this Cu into more available forms. Some
studies have shown that the amount of SS that actually affects the increase in Cu availability
is that accumulated mainly on the last 4 years of application [87,88]. This seems to support
the observation that the fertilizer treatment with 2000MgSS, corresponding to an annual
application of 80 Mg ha~! of SS, was the treatment with the highest concentration of Cu
extracted with DTPA. This observed correlation of DTPA-extracted Zn and Cu and their
total concentration in soil has been observed in fact in other studies including SS additions
to calcareous soils [38].

In the Mn extracted with DTPA, a higher concentration was observed in the treatments
that had not received SS. This may be due to the affinity that Mn has with carbonates in
SS and in soil, coupled with the low Mn contribution normally associated with SS [33].
Mn in SS is usually bound to carbonates, Fe and Mn oxides, and/or bound to the residual
fraction [89,90]. When incorporated into calcareous soils, Mn hardly undergoes a redistri-
bution [80], remaining bound to carbonates. This could explain the low efficiency of SS in
incorporating Mn into the soil and a higher efficiency of mineral amendments. Previous
results where the highest concentration of Mn extractable by DTPA was obtained in the
control amended with mineral fertilization, support this hypothesis [40].
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4.2. Concentration of TM in Barley

The study of TM concentrations in crops, as a reliable method to assess the actual
bioavailability of TMs in the studied experimental field, detected some differences and
trends between TMs, and for the different parts of the crop (grains and straw).

As a general trend, it was observed how the essential TM were adsorbed in higher
concentrations than the non-essential ones, being the order of concentration from highest
tolowest Zn>Mn >Cu>Cr>Ni>Pb>Cd >Hg,and Mn>Z7Zn>Cu>Cr>Ni>Pb>Cd
= Hg, for grain and straw respectively. However, significant differences were observed for
Mn, Zn, Cu, Cr and Ni accumulation in barley grains and straw. In grain, Zn, Cu and Cr
showed higher concentrations in the treatments that had received SS than in those without
SS (Table 7). On the contrary, in straw, Mn, Cr and Ni showed higher concentrations in the
treatments that had not received SS (Table 7).

In the case of Zn, the highest concentration in grain coincided with the highest
concentration extracted with DTPA, corresponding to 2000MgSS, in line with the general
correspondence between the total concentration of this TM and of Cu in the soil and that
found in plants in soils amended with SS [3,38]. However, the differences observed for
soil Cu concentrations between doses were not observed in grain (Table 6). This could
be explained by what was observed by Montaghian [91], who found that in calcareous
soils amended with SS, the concentration of bioavailable Cu was lower in the soil of the
rhizosphere than in the rest of the soil. They observed a redistribution of Cu between the
different soil fractions, increasing the proportion linked to organic matter as a consequence
of an increase in dissolved organic carbon released by the roots. This suggests a possible
antagonistic effect, hindering the accumulation of Cu in grain (the organ that normally
accumulates the most Cu in mature plants [92]) beyond a certain level of accumulation of
Cu in the soil of this study. In the case of Mn, a tendency to a greater accumulation was
observed in the grains of barley plants from the treatment MinFer. This highlights the low
efficiency of SS to supply Mn to crops.

In straw, the treatments without SS contained higher concentrations of Mn, Ni and
Cr than the treatments that had received any dose of SS. This can be related to the “di-
lution effect” for these elements caused differences in yield between treatments. As SS
produced an increase in yields (Supplementary Tables S1 and S2) also observed in other
studies [14,38,93] and the applied and available concentrations of these TM were low, a
dilution of these TM in the crop can be expected. Similar results have been reported before
for Mn in long-term field [94] and pot experiments for Mn and Ni [71].

Finally, in the case of Cr, for which the DTPA-extracted concentration was below the
method’s detection limit, it was not possible to relate this concentration and that observed
in the crop aerial parts. However, our results seem to indicate a different efficiency in the
use of Cr depending on the plant organ and SS dose received. In a study carried out in
pots, a high correlation was observed between the Cr concentration in the grain of different
varieties of wheat and that extracted from soil with EDTA [35].

The study of TM concentrations in aerial crop parts allowed to contrast them with
the limits and thresholds defined in the legislation. The European regulation referring to
food products intended for human [29] and animal consumption [28] only contemplates
Pb, Cd and Hg as risk elements. In our study, in general terms, it was found that the
concentrations found in barley that complied with current regulations, coinciding with
other studies [16,94]. In the case of grain, the concentrations were below the limit allowed
for both norms. In the case of straw, however Pb concentrations were above that allowed
by the legislation for human consumption. Despite the fact that straw is not intended
for this type of use, it should be noted that even the control was found above this limit,
which indicates that SS was not the main reason for Pb exceeding the value allowed by
the legislation.
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5. Conclusions

The application of SS as a long-term organic amendment in the conditions of soil,
climate, management and type of sludge studied here, caused an accumulation of total Zn,
Cu, Cr, Ni and Hg in soil, of Zn, Cu, Pb, Ni and Cd in their bioavailable form extracted by
DTPA and of Zn, Cu and Cr in grain. This suggests the existence of potential environmental
risks and supports the need for long-term monitoring of this type of practice. On the other
hand, a higher concentration of Mn extracted with DTPA, as well as a higher concentration
of Mn, Ni and Cr in the straw was observed, in the treatments without SS amendment.

Therefore, it was observed that Zn, Cu and probably Cr, suffered an increase in their
concentration in soil and extractable by DTPA, that was visualized in grain. Other TM, such
as Hg, increased their total concentration in soil and others, such as Cd and Pb, increase
their concentration extracted by DTPA. In the case of Ni, both the total and DTPA-extracted
concentration increased without any influence in the grain content.

Despite the existence of an increase in the total and bioavailable concentration of some
TMs, the resulting crop complied with the current regulations imposed by the European
Union for human and animal nutrition.
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deviation); Figure S1: Total TM concentration (TMSoil) vs Extractable TM concentration by DTPA
(TMBio).
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Abstract: Because of the diversification of industries in developing cities, the phenomenon of the
simultaneous contamination of various kinds of pollutants is becoming common, and the environ-
mental process of pollutants in multi-contaminated environmental mediums has attracted attention
in recent years. In this study, p-arsanilic acid (ASA), a kind of organic arsenic feed additive that
contains the arsenic group in a chemical structure, is used as a typical contaminant to investigate
its adsorption on iron oxides and its implication for contaminated soils. The adsorption kinetics on
all solids can be fitted to the pseudo-second-order kinetic model well. At the same mass dosage
conditions, the adsorption amount per unit surface area on iron oxides follows the order x-FeOOH
> v-Fe,O3 > «-FepyO3, which is significantly higher than that for actual soil, because of the lower
content of iron oxides in actual soil. Lower pH conditions favor ASA adsorption, while higher pH
conditions inhibit its adsorption as a result of the electrostatic repulsion and weakened hydrophobic
interaction. The presence of phosphate also inhibits ASA adsorption because of the competitive
effect. Correlations between the amount of ASA adsorption in actual soil and the Fe,O3 content, total
phosphorus content, arsenic content, and organic matter content of actual soil are also investigated in
this work, and a moderate positive correlation (R? = 0.630), strong negative correlation (R? = 0.734),
insignificant positive correlation (R? = 0.099), and no correlation (R? = 0.006) are found, respectively.
These findings would help evaluate the potential hazard of the usage of organic arsenic feed additives,
as well as further the understanding of the geochemical processes of contaminants in complicated
mediums.

Keywords: p-arsanilic acid; iron oxides; soil contamination; adsorption

1. Introduction

Industries in developing cities are diversified, including agriculture, manufacturing,
mining industry, etc. This diversification could lead to a multitude of sources and types of
pollution to the environment. The simultaneous contamination of nutrients, heavy metals,
toxic organics, Pharmaceutical and Personal Care Products, etc., in water and surface
soil has been widely reported [1-3]. Such simultaneous contamination is the joint result
of domestic sewage discharge, industrial wastewater discharge, livestock and poultry
industrial wastewater discharge, and agricultural non-point source pollution.

The geochemical behavior of pollutants in a multi-contaminated environment has at-
tracted attention in recent years. Both competitive and cooperative effects on contaminants’
adsorption in the complex system are reported [4-10]. The competitive effect, which is
mainly caused by limited surface sites for adsorption, is reported to be relatively more,
while the cooperative effect, which is mainly caused by bridge ions or compounds, is rela-
tively less. Because of the intricacy of contamination in the urban environment, studying
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the transportation behavior of pollutants on actual environmental mediums is of great
importance.

Organic arsenic feed additives, 4-aminobenzenearsenic acid (p-arsanilic acid (ASA))
and 4-hydorxy-3-nitrobenzenearsenic acid (roxarsone, ROX), have been used in poultry
production for decades. They are types of antibiotics that can promote protein synthesis
and animal growth, and can prevent the growth of parasites and microorganisms [11,12].
Organic arsenic feed additives tend to be excreted by animals with no significant chemical
structural change, and the waste of these animals is often used as a fertilizer in nearby
farms, which could lead to the potential contamination of agricultural fields [13]. The
occurrence of organoarsenicals in the surface water, soil, and sediment surrounding swine
farms has been reported [14]. These organoarsenicals are made up of the total arsenic
in the environmental mediums. Although these two organoarsenicals are less toxic than
inorganic arsenic, they can turn into inorganic arsenic through the biological or chemical
process during their long-term existence in the environment, which will eventually cause
damage to the soil and harm human health [15-18].

Studies about the adsorption of arsenic species on solids have been done for decades,
the majority of which focus on the behavior of inorganic arsenic species, because of the
higher percentage in the determined total arsenic species [19]. These studies have reported
the adsorption behavior of inorganic arsenic on pure iron oxides and collected actual soil or
sediment, both in the presence or absence of other contaminants. The results show that the
adsorption kinetics and adsorption amount of inorganic arsenic were highly affected by the
presence of other contaminants, especially phosphate, due to its similar chemical structure
to arsenic [20-22]. Tofan-Lazar and Al-Abadleh compared the adsorption kinetics of phos-
phate on the surface of iron oxides at various conditions, and found that the adsorption rate
was the fastest on freshly prepared iron (oxyhydr)oxide and slowest on arsenate-covered
iron (oxyhydr)oxide [23]. Although aromatic organoarsenicals are also important as arsenic
pollution sources, their adsorption behavior was relatively less studied previously, and has
only received attention in recent years. Those works concerning organoarsenical adsorption
mainly report on the behavior and mechanisms of organoarsenicals on iron oxides because
of the abundance of iron species in soil [24-27], while the information of their adsorption
on actual soil, especially contaminated soil, remains unclear.

Because of the complexity of the environmental medium in urban areas, investigations
into the sorption pattern of pollutants on actual soil are important in order to understand the
geochemical behavior of pollutants. In this work, the adsorption of ASA on both pure iron
oxides (a-Fe, O3, y-Fe, O3, and a-FeOOH) and collected actual surface soil is investigated.
In pure iron oxide systems, the adsorption kinetics are investigated at various dosage
conditions, and the effects of pH and the presence of phosphate on the ASA adsorption
amount were also studied. The actual soil samples were collected from a multi-industrial
city (including the agriculture and mining industries) in Hubei Province, China, in order to
illustrate the relationship between the adsorption amount/rate and the chemical properties
of solids. Describing the environmental transportation behavior of organoarsenicals would
help with evaluating the potential hazards associated with the usage of organic arsenic
feed additives, and further the understanding of the geochemical behavior of pollutants in
multi-contaminated mediums.

2. Materials and Methods
2.1. Chemicals

The ASA (98%) was purchased from Aladdin Co. (Shanghai, China) and was used
without further purification. «-Fe;O3; and y-FepO3 were purchased from Aladdin Co.
(Shanghai, China), and x-FeOOH was purchased from Sigma-Aldrich Co. (St. Louis,
MO, USA). All of the other reagents were analytically pure and were purchased from
Sinopharm Chemical Reagent Co., Ltd. Ultrapure water (18.2 M(), obtained through a
water purification system, Ming-Che 24UV, Millipore, France) was used for the reagent
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preparation and experiments. All of the prepared solutions were stored in polypropylene
plastic bottles (Nalgene, Rochester, NY, USA) avoiding light.

2.2. Soil Collection and Pretreatment

The soils were collected from Jingmen City (Hubei Province, China)—an important
agricultural and industrial area with many farms and mining factories. Both the wastewater
and waste generated from farms and factories in Jingmen City are extensive and could
lead to contamination of the surrounding surface soils. The ecological and environmental
protection in the Yangtze River Basin has attracted attention in recent years, and the
government of Hubei Province has launched a pollution survey project to control the
contamination situation and annual pollution loads, including for Jingmen City, for the
purpose of the environmental management and restoration. The sampling sites in this
work are shown in Figure 1. The soil samples were collected 10-15 cm below the surface, in
order to avoid collecting anthropogenic impurities. The fresh soil samples were preserved
at a low temperature and kept out of light before pretreatment.
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Figure 1. Map showing the locations of the sampling sites.

The collected soil samples were dried at room temperature and were protected from
light. Then, the dried solids were ground and sieved using a 100-mesh sieve. The sieved
samples were transferred into sample bags and preserved at 4 °C.

2.3. Adsorption Experiments

The adsorption experiments were conducted in a Nalgene bottle with continuous
stirring using a magnetic stirrer at a speed of 750 r/min. The mixed solution, containing
20 uM ASA and 10 mM NaCl, was prepared and adjusted to the desired pH value with
diluted NaOH/HCI before adding the solids. Samples were taken at interval times and
were filtered with a 0.22 pm polyethersulfone filter membrane for further analysis. In the
kinetic adsorption experiments, the solution volume was 200 mL, and the pH value was
controlled by re-adjusting several times throughout the entire adsorption period. In the
pH effect experiments, the solution volume was 100 mL, the pH value was also re-adjusted
several times, and the precise pH value was recorded. In the phosphate competition
experiments, the solution volume was also 100 mL, a certain amount of phosphate was
also added to the mixed solution, and the rest procedures were the same as described
above. Here, >90% of ASA was be desorbed by the co-presence of phosphate and alkaline
(pH > 12, 2 mM PO,37), confirming that no degradation occurred during adsorption.
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2.4. Analytical Methods

The concentration of ASA was analyzed as described in our previous works [12,18,28].
High-performance liquid chromatography (HPLC; a 20ADVP pump, a DAD-20AVP detec-
tor, Shimadzu Instrument Co. Ltd., Kyoto, Japan) with a C18 column (Supelco Discovery,
4.6 mm x 250 mm, 5 pum) was used for the analysis. The mobile phase was a mixture of a
2.5% formic acid and methanol solution (95:5, v/v). The flow rate was set to 1 mL/min and
the detection wavelength was set to 254 nm.

The BET surface area of the iron oxide solids was analyzed using a surface area and
porosimetry analyzer (V-Sorb 2800P, Gold APP Instrument Co., Beijing, China). The total
phosphorus content of the collected soil samples was analyzed according to the national
standard using an ICAP6300 Plasma Emission spectrometer (Thermo Fisher, Waltham,
MA, USA). The element content (Fe;O3 and As) of the soils was analyzed using an X-
ray fluorescence spectroscopy (XRF, Explorer 9000, Jiangsu Skyray Instrument Co., Ltd.,
Kunshan, China). The content of organic matter (OM) was estimated by measuring the
ignition loss. The pH of the solutions was determined using a pH meter (F2-Meter, Mettler
Toledo, Greifensee, Switzerland).

2.5. Statistical Analysis

The amount of ASA (g, tmol-m~2) adsorbed was calculated using the difference
between their concentrations at the initial time and at time t. A pseudo-second-order
kinetic model was used to fit the kinetic data for ASA, which can be expressed as follows:

t 1 1
o= - Ty 1
qt ge* xky = qe M

where ky (m?-umol~1-h~1) is the pseudo-second-order rate constant and g, is the amount of
adsorption at equilibrium time. k; and g. can be obtained from the slope and y-intercept of
the plots of t/q; vs. t. The adsorption percentage was calculated by the difference between
the concentrations at the initial and ending times, which can be expressed as follows:

adsorption percentage (%) = (1 - ?) x 100% ()
0

where Cy and C; are the concentrations of ASA at the initial and ending times, respectively.

3. Results and Discussion
3.1. Adsorption Kinetics of ASA on Iron Oxides

The adsorption kinetics of ASA on three iron oxides is investigated at various iron
oxide dosages at pH 5. The adsorption kinetics and equilibrium time of ASA on three
iron oxides were close. As shown in Figure 2a—c, after adding iron oxides into the mixture
solution, the concentrations of ASA decreased significantly in the early stage (within 4 h),
while the changes gradually became slow in the later stage, and reached equilibrium at
around 24 h. Among the three iron oxides, x-Fe,O3 had the fastest adsorptive removal
efficiency; more than 95% of ASA was be removed from the solution within 30 min at
1g-L~! dosage, whereare a-FeOOH was the slowest, with the removal efficiency decreasing
to only 49% at the same condition. The BET surface areas of a-Fe;O3, y-Fe;O3, and «-
FeOOH were 125.04, 53.39, and 9.50 m?-g~!, respectively. The significant difference in
adsorptive removal efficiency among each of the iron oxides could be caused by the highly
different surface areas. The calculated adsorption amount of ASA, normalized to the
surface area, is shown in Figure 2d—f. The obtained parameters for the pseudo-second-
order kinetic model are shown in Table 1, and the obtained calculated kinetics from the
parameters are also given in Figure 2d-f.
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Figure 2. Adsorption kinetics of p-arsanilic acid (ASA) on «-Fe;O3, y-Fe;O3, and «-FeOOH. The solid points are exper-
imental data. The polylines in (a—c) are for the visual guides. The curves in (d—f) are the fitted results according to the
pseudo-second-order kinetic model. ASA =20 pM, NaCl = 10 mM, and pH = 5.

Table 1. Fitted parameters for ASA adsorption on iron oxides.

Parameters Dosage «-Fep, O3 v-Fe; O3 «-FeOOH
0.1gL! 0.87 1.48 2.90
qe 02gL7! 0.70 1.20 2.41
(umol-m™2) 0.5gL1 0.32 0.60 2.50
1.0g L1 0.16 0.36 2.02
0.1gL! 1.22 0.60 0.94
ky 02gL™! 2.32 0.92 1.20
(m2-pmol~1-h~1) 05g L1 42.44 3.69 0.67
1.0gL! 602.02 13.30 0.97
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As can be seen from Table 1, ge and k, show an opposite trend to each other. With ge
for a-Fe, O3, y-Fe,O3 decreases dramatically when increasing the solid dosages (i.e., total
surface area) by an order of magnitude, and the difference can be as high as 5.5 times for
a-Fe,O3. However, the change is less significant for x-FeOOH at the same condition. Such
results are thought to be caused by the valid adsorption sites on iron oxide surface [29]. At
limited surface area conditions, the adsorption sites on the surface of the iron oxides could
be nearly fully occupied by ASA, while at abundant surface area conditions, the adsorption
sites are also abundant, and thus would not be completely occupied. At the same solid
dosage conditions, the surface areas of «-Fe;O3 and y-Fe,O3; were much larger than that
of a-FeOOH; therefore, the two former iron oxides had more vacancy sites. Although the
dosage of a-FeOOH increased from 0.1 g-L ™! to 1.0 g-L ™!, the amount of adsorption sites
were still limited compared with the dosed ASA, thus the change in ge was less significant
than that of x-Fe,O3 and y-Fe;O3. In order to avoid the extreme adsorption circumstances
and to obtain a better observation, the dosage of iron oxides in the following experiment
was 0.2 g-L 7L

3.2. Effect of pH

Previous works have reported the obvious effect of pH on organic compounds’ adsorp-
tion behavior, which is caused by the joint effect of compounds and solids [30,31]. Here,
experiments were therefore conducted at various pH conditions in order to investigate the
adsorption behavior of ASA on the three iron oxides. First, 10 mM NaCl was introduced
to the mixed solution in order to eliminate the ionic strength effect caused by the pH.
As can be seen from Figure 3a, among the three iron oxides, a-Fe,O3 shows a relatively
higher adsorptive removal percentage for the entire investigated pH range, and that of
a-FeOOH is the lowest at the same mass dosage. This trend was reversed when calculating
the adsorption amount normalized to the surface area (Figure 3b): «-FeOOH showed the
highest ge for the overall investigated pH conditions. For all three oxides, ASA adsorption
showed a decrease trend with an increase of pH. The adsorption percentage of ASA on
a-Fe,O3 showed a sharp decrease from 93% to less than 10% when the pH increased from
4.08 to 11.88, and that for «-FeOOH also showed a gradual decrease from 31% to less than
10% when the pH increased from 4.00 to 11.48.
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Figure 3. Effect of pH on ASA adsorption on iron oxides. (a) Data shown as adsorption percentage (%) and (b) data shown

as adScheme 2. Solid points are experimental data; polylines are for the visual guide. ASA =20 uM, iron oxdies = 0.2 g-L_l,

and NaCl = 10 mM.

Such a trend is similar to the previous reported works. Bell-shaped adsorption
curves with pH have been widely reported for the adsorption of organic compounds
on (hydr)oxides [5,31,32], and both bell-shaped and cliff-shaped curves have been found
for the adsorption of inorganic arsenic species on oxides or minerals [10,33,34]. The adsorp-
tion behavior of ASA is also highly affected by its arsenic group in its chemical structure.
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ASA has 3 acidity coefficients—2.00, 4.02, and 8.92. Therefore, at neutral and basic con-
ditions, ASA exists in anion form [18,35]. In the meantime, the point of zero charge for
«-Fey O3, v-Fe,O3, and a-FeOOH were at a circumneutral pH [36-38], also showing a
negative charge at high pH conditions. Therefore, the higher pH would exacerbate the
electrostatic repulsion and weaken the hydrophobic interaction between the oxyanion
compounds and solids.

3.3. Competing Ion (Phosphate) Effect on Equilibrium Adsorption

Because of the similarity in the chemical structure between the phosphate and arsenate
groups, the effect of phosphate on the chemical behavior of arsenic is often considered
when investigating the adsorption of arsenic species. Cheng et al. studied the effect of
various anions (Cng’, Si052~,Cl—, F~,S042~,NO;~, and HPO42’) on the adsorption
behavior of As(III) in iron-containing materials, and found that HPO,?~ has the highest
inhibition effect [39]. The removal efficiency by adsorption decreased from >90% to only
about 60% in the presence of HPO,2~. Wang et al. reported the obvious competitive
effect between the inorganic arsenic adsorption and phosphorus release by sediments [21].
Lin et al. proposed that the use of phosphorus fertilizers could enhance the mobility of
arsenic towards groundwater in arsenic-contaminated aquifers [40]. The inhibition effect
of phosphate on organic arsenic adsorption has previously been reported [25,41].

In this work, the effect of phosphate on the adsorption of ASA on x-Fe;O3, v-Fe; O3,
and x-FeOOH were investigated at a wide phosphate concentration range. The inhibition
effect could be observed over the whole investigated pH range (4-12) for all the three
iron oxides (Figure 4). A significantly higher inhibition effect was observed when the
concentration of phosphate increased from 0.02 mM to 2 mM. This strong competitive effect
reduced the adsorption ability of ASA on phosphorus abundant soil, thus leading to an
enhancement in ASA mobility. Despite this, the high amount of phosphate did not show the
complete inhibition of ASA, especially in acid conditions. Liu et al. used the concentrated
phosphate solution (0.5 M H3POy) to extract arsenic species from contaminated soils, and
the extraction efficiency for ASA was relatively low (67%) with a high error bar, while that
for As (V) was close to 100% [14]. They suggested that the degradation of ASA might have
occurred during the long time extraction process (16 h), which, in fact, might be also caused
by an improper acid extraction condition (pH < 2 for 0.5 M H3POy).

3.4. Actual Soil Adsorption of ASA

The content of actual soil is complex, and contains metal oxides, nutrients, and in-
organic and organic contaminants. Such compounds might all have implications on the
contaminant adsorption behavior and mobility, resulting in a positive or negative ef-
fect. Table 2 shows the contents of Fe;O3, total phosphorus (TP), As, and organic matter
(OM) of the nine collected soils. The BET surface area and soil pH are also represented
in Table 2. The correlation of each of the parameters is investigated. As our param-
eters and compound contents were moderately/strongly skewed, we computed their
log-transformation. Interestingly, a slight correlation between these parameters could be
observed. Figure 5a shows a slight positive correlation between Fe,O3 and As (R? = 0.278).
These results are not surprising, because the adsorption of arsenic species is highly related
to the presence of iron oxides [42]. As the sampling area has many mining activities, it could
lead to the contamination of heavy metals, including arsenic species. The higher content of
iron oxides in actual soil could therefore immobilize more heavy metals on the surface soils.
Nevertheless, the content of As is a jointly affected by the surrounding human activities
and the adsorption ability of the soil. Therefore, the current As content/contamination
level did not show a strong positive correlation with the iron content. Hafeznezami et al.
also reported an increased trend in the adsorption ability of As at a higher content of
amorphous Fe, although the statistical correlation was not significant [43]. Surprisingly,
opposite to As, a negative correlation between Fe;O3; and TP was observed (Figure 5b,
R? = 0.505), which was unexpected, as the presence of iron oxides should enhance the
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retention ability of phosphorus in soil [44,45]. This phenomenon might be attributed to
the proportion of amorphous species. There was no correlation between As content and
TP content (R2 = 0.010, results not shown), indicating that the available adsorption sites
were still abundant for the pollutant sorption, and the competitive effect between As and
TP was insignificant for the current contamination situation. The contributions of each
composition to the surface area of the soil samples were also investigated. A slight posi-
tive correlation between Fe;O3 content and the surface area can be observed in Figure 5c
(R? = 0.329), indicating a relatively important contribution. TP showed a moderate negative
correlation with the surface area (R? = 0.602, data not shown), which might be caused by
its relationship with the Fe;O3 content. The content of OM and As showed unimportant
contributions to the surface area (R? = 0.016 for OM and R? = 0.006 for As).
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Figure 4. Effect of phosphate on ASA adsorption. Solid points are experimental data; polylines
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Table 2. Properties of the collected actual soil.

Characters SPL SP2 SP3 SP4 SP5 SP6 SP7 SP8  SP9
Fe;03% 4284 4917 5276 5921 6031 6518 6717 7509 8228
TP% 044 008 006 002 003 002 003 004 005

As% x 10* 185 89 131 143 148 178 207 333 200
OM% 677 354 212 696 363 379 692 422 382
BET(rsr‘ér.fgaS?)area 1360 4255 1554 3472 4636 61.82 5618 5475 29.33
pH * 721 742 717 737 705 714 711 742 744

* determined after the ASA adsorption reaction.
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Figure 5. Correlation between the (a) Fe,O3 content and As content, (b) Fe;O3 content and total phosphorus (TP) content,
(c) Fe;O3 content and surface area, and (d) organic matter (OM) content and surface area for the collected actual soil.

The adsorption kinetics of ASA for the nine collected soil samples were then investi-
gated. The strong interactions between arsenic species and iron oxides have been widely
reported, while the interactions between arsenic species and pure silica (which is the main
composition of soil) seem to be less important for the adsorption efficiency of arsenic
species. Although the surface area of the soil samples was close to pure iron oxides (y-
Fe;03 and x-FeOOH), the valid adsorption sites on the solid surface were be much lower.
In order to ensure experimental accuracy (i.e., a relatively obvious adsorption percentage),
a high solid dosage (5 g-L.~!) was used in this section. No pH adjustment was done before
or during the adsorption reaction, as the high dosage of soil could form a buffer system,
although the final pH was determined. The pseudo-second-order kinetic model was also
used to fit the adsorption kinetic results. The experimental results and fitted results are
shown in Figure 6, and the calculated parameters for the pseudo-second-order kinetic
model are shown in Table 3. The obtained g, varied significantly with the different soil
samples, with SP8 showing the highest result (0.0309 tmol-m~2), which was ~8.4 times as
high as the lowest (S5P1, 0.0037 umol-m~2), while all of them were obviously lower than
that of the pure iron oxide surface (x-Fe;O3, y-Fe;O3, and «-FeOOH), indicating invalid
adsorption sites on the solid surface. Such a big difference would be mainly caused by the
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content of iron oxides. The adsorption rate constants were mainly opposite to the trend of
the adsorption amount.

0.03 7 SPl

SP2
SP3
SP4
SP5
SP6
SP7
SP8
*  SP9

> <« > o &

0.00 1

time (h)

Figure 6. Adsorption kinetics of ASA on the collected actual soil. Solid points are experimental data,

and curves are fitted results by pseudo-second-order kinetic model. ASA =20 uM, NaCl = 10 mM,
and soil dosage =5 g~L*1.

Table 3. Fitted parameters for ASA adsorption of soil by a pseudo-second order kinetic model.

Parameters SP1 SP2 SP3 SP4 SP5 SP6 SP7 SP8 SP9
2
(u{i;(;i rlr?_z) 0.37 0.62 1.47 2.64 0.93 2.01 1.50 3.09 2.04

ko

2 111 80.44 5210 798 1191 3574 1766 1632 16.85 18.38
(m~-umol~*-h™)

Previous works have reported that the adsorption of arsenic species is positively
correlated with the metal oxide content and is negatively correlated with the phosphorus
content [46,47]. The correlations of the ASA adsorption parameters with the Fe,O3; and
TP content in the actual soils were fitted in this work. As can be seen from Figure 7a,
a moderate positive correlation between the g and Fe,O3 content can be observed, as
expected. As iron oxides have strong interactions with ASA, the higher Fe;O3 content
would obviously facilitate the adsorption of ASA. However, the positive correlation was
not very strong in the limited soil samples, indicating the effect of other physical and
chemical parameters on ASA adsorption, which was similar to the situation of the arsenate
adsorption on sandy sediments [43]. In contrast, the correlation between ge and TP content
is strongly negative (see Figure 7b). The strong negative correlation between the ASA
adsorption and TP content would be caused by the competitive effect, as discussed in
Section 3.3, which therefore decreased the statistical correlation between the g. and Fe,O3
content. The correlation between the g. and As content was also investigated, and an
insignificant positive correlation was found, indicating potential relevance between ASA
adsorption ability and the current As contamination level. Such results also reveal abundant
available adsorption sites on the surface of the soil, although these soil samples have been
contaminated by As to a certain degree. It seems that the OM content did not affect ge
(Figure 7d), probably because of the joint reason of its low content and its weak sorption
ability. The final pH after 48 h of the adsorption reaction was very close between the nine
samples; therefore, the statistic correlation between ge and pH was insignificant (R? = 0.005,
data not shown). In general, the adsorption results on the collected actual soils indicate
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that predicting the adsorption behavior was not possible because of single or very few
physical and chemical parameters.
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Figure 7. Correlation fitting between ASA adsorption amount (g.) and (a) Fe,O3 content, (b) TP content, (c) As content, and

(d) OM content.

4. Conclusions

The adsorption behavior of ASA on three kinds of pure iron oxides and nine collected
actual soil samples are studied in this work. The adsorption kinetics on all solids are well
fitted to the pseudo-second-order kinetic model. The dosage of iron oxides, pH conditions,
and the concentration of co-present phosphate could all affect the adsorption amount of
ASA on iron oxides. The parameters of the actual soil that can affect ASA adsorption are
more complicated than those of pure iron oxides. Although the adsorption amount shows
a moderate positive correlation with the Fe;O3 content, strong negative correlation with
the TP content, insignificant positive correlation with the As content, and no correlation
with the OM content, it is still difficult to obtain an accurate prediction model because of
the complexity of the physical and chemical properties of those soils. Investigating the
transportation of contaminants in multi-contaminated environmental mediums helps to
further understand their geochemical processes and helps with formulating a remediation
strategy for the contaminated area.
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Abstract: Engineered nanoparticles (ENPs) present in consumer products are being released into
the agricultural systems. There is little information about the direct effect of ENPs on phosphorus
(P) availability, which is an essential nutrient for crop growth naturally occurring in agricultural
soils. The present study examined the effect of 1, 3, and 5% doses of Cu® or Ag® ENPs stabilized
with L-ascorbic acid (suspension pH 2-3) on P ad- and desorption in an agricultural Andisol with
total organic matter (T-OM) and with partial removal of organic matter (R-OM) by performing batch
experiments. Our results showed that the adsorption kinetics data of H,PO4~ on T-OM and R-OM
soil samples with and without ENPs were adequately described by the pseudo-second-order (PSO)
and Elovich models. The adsorption isotherm data of HyPO,~ from T-OM and R-OM soil samples
following ENPs addition were better fitted by the Langmuir model than the Freundlich model.
When the Cu® or Ag0 ENPs doses were increased, the pH value decreased and HyPO4~ adsorption
increased on T-OM and R-OM. The H,PO4~ desorption (%) was lower with Cu? ENPs than Ag0
ENPs. Overall, the incorporation of ENPs into Andisols generated an increase in P retention, which
may affect agricultural crop production.

Keywords: adsorption; engineered nanoparticles; organic matter; phosphorus; nutrients; pollution;
volcanic soil

1. Introduction

In the past decade, the incorporation of engineered nanoparticles (ENPs) into con-
sumer products [1,2] has led to a significant increase in their turnover from $250 billion in
2009 to $3 trillion in 2020 [3]. Two of the most widely used ENPs in consumer products are
metallic copper (Cu’) and silver (Ag"), due to their antibacterial properties. Cu’ ENPs are
added to biocides, electronics, paints, cosmetics, agrochemicals, ceramics, and film [1,3,4],
whereas Ago ENPs are used in textiles, air filters, bandages, paints, food storage containers,
agrochemicals, deodorants, toothpaste, and household appliances [5]. Thus, as a con-
sequence of extensive and diverse commercial applications, these ENPs can be released
into the environment. Soil is the main sink of disposal for most of the released ENPs [6].
Adverse effects on human health and ecosystems may be expected, making it necessary
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to improve our current understanding of environmental risks, fate, transformations and
aggregation behaviors of metallic ENPs [7].

The geochemistry of metallic Cu’ and Ag® ENPs in soils is complex, due to their
chemical transformation between Cu’, Cu* and Cu?* as well as between Ag’ and Ag*,
respectively [1,4], also due to their strong binding capacity to various soil components
like clay minerals, organic matter, microorganisms, among others. Transformations of
metallic ENPs in soil include oxidation, dissolution, and sulfidation. Over time, Cu’
ENPs can be oxidized in the soil to form CuO (tenorite) and Cu,O (cuprite) nanoparticles
with a core-shell structure. Any of these, both forms of copper oxide nanoparticles, can
dissolve and release cuprous and/or cupric ions into solution [8]. Meanwhile, the Ag?
ENPs show a slow oxidation process, which can be promoted in acid soils. The metallic
ENPs oxidation in soils can be diminished when organic molecules are used as stabilizing
agents [9]. Transformation on metallic ENPs is an important consideration to developing
risk assessments of ENPs [4,9].

Several studies have intended to determine the effects caused by ENPs on soil prop-
erties. In these studies, it has been shown than due to metallic Cu® and Ago, ENPs are
characterized by a high surface area and chemical reactivity, variable surface charge and
chemical transformation [10]. Once in contact with soil, ENPs may therefore modify their
structural and physico-chemical properties such as pH, electric conductivity, redox poten-
tial, porosity, and hydraulic conductivity [10-12]. This could affect reactions and processes
of elements in soil, such as precipitation, dissolution, co-precipitation, complexation, oxida-
tion/reduction, plant uptake, and ad- and desorption. Particularly, ad- and desorption are
important because they control the availability and mobility of contaminants and nutri-
ents [10]. In this context, Taghipour and Jalali [13] reported that metal oxide ENPs (Al,O3
and TiO,) caused immobilization of phosphorus (P) in calcareous soils from Hamadan,
Western Iran, and reduced the bioavailability of P.

In volcanic soils (Andisol and Ultisol), P is an essential crop macronutrient and this
soil contains between 1000 and 3500 mg-kg ! [14]. However, P availability for plant growth
is limited because it can form inner-sphere complexes by ligand exchange with surface -OH
and -OH,™" groups of soil components like ferrihydrite, imogolite, allophane, and Al(Fe)-
humus complexes [15-17]. Numerous studies have focused on P availability in volcanic
soils considering the effects on soils of fertilizers [18], liming [19], microorganisms [20,21],
enzymes [22], inorganic/organic ligands [23], specific surface area [24], surface charge [25],
organic matter content [26], and pH and mineralogy [27].

In relation to effects caused by ENPs in volcanic soils, no studies have assessed the
influence of metallic ENPs on the adsorption of nutrients. In this context, the aim of this
research was to evaluate the effect of Cu” or Ag? ENPs on phosphorus sorption processes in
volcanic soils and its relationship with organic matter content. Overall, the results provide
new information about the implication of ENPs for nutrient availability in soils.

2. Materials and Methods
2.1. Chemicals Used

The reagents used were CuCl,-2H,0, AgNO;3, L-ascorbic acid, KH,PO,4, KC1, HCI,
and KOH (analytical grade, Merck) and double-distilled water. The pH electrode (Orion
Star A211 pH Benchtop Meter, Thermo Fischer Scientific Beverly, Waltham, MA, USA) was
calibrated using standard buffers of 4.01, 7.01, and 10.01 (Hanna, Woonsocket, RI, USA).

2.2. Synthesis of Cu” and Ag” ENPs

CuCl,-2H,0 and AgNO3 were used for the formation of Cu’, and AgO ENPs, respec-
tively, and L-ascorbic acid was added as a reducing and capping agent [28]. Cu’ ENPs (or
Ag’ ENPs) was synthesized by mixing 10.0 mmol-L™! CuCl,-2H,O (or
10.0 mmol-L’lAgNOE;) in 50 mL double-distilled water. An Erlenmeyer flask (100 mL),
containing the CuCl,-2H,0 (or AgNO3) solution, was heated in a water bath at 80 °C with
magnetic stirring; 50 mL of L-ascorbic acid (1.0 mol-L~!) was added dropwise into the flask
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while stirring. The aqueous dispersion of stabilized Cu’ ENPs (or Ag? ENPs) obtained was
kept at 80 °C for 24 h and it was finally saved to ambient conditions for later research.

2.3. Soil Samples

The soil used was an Andisol belonging to Santa Barbara series from Southern Chile
(36°50' S; 71°55’' W). The soil was collected from the top 20 cm depth of the soil horizon.
The soil was passed through a <2 mm mesh sieve and freeze-dried (total organic matter
soil sample = T-OM). For partial removal of organic matter (OM), the T-OM soil sample
was treated several times with H,O, until adding did not result anymore in air bubbles
emanating from the aqueous solution and maintained at 40 °C in a thermoregulated
bath [29]. The resulting sample was then washed four times with double-distilled water
(partial removal of OM soil sample = R-OM). Finally, both soil samples were freeze-dried
and stored at 4 °C.

2.4. Characterization of Ag” and Cu® ENPs

The synthetized Cu® and Ag’ ENPs were characterized using transmission electron
microscopy (TEM) on a Hitachi model HT7700 (Hitachi, Tokyo, Japan) with Olympus
camera (Veleta 2000 x 2000) using high resolution mode at 120 kV. The TEM images ob-
tained were analyzed manually to calculate the particle size with the Image] program
(version 1.50i, Wayne Rasband, National Institute of Health, Bethesda, MD, USA). The
ultraviolet-visible (UV-Vis) spectra was recorded with a double-beam Rayleigh UV-2601
spectrophotometer (BRAIC Co. Ltd., Beijing, China) using 1 cm path length glass cell.
The zeta potential (ZP) of Cu’ and Ag® ENPs (25 mg) was measured in the presence of
10 mL KC10.01 M using a Nano ZS apparatus (Malvern Instruments, Worcestershire, UK) at
20 °C and the isoelectric point (IEP) was obtained from graphs of ZP versus pH. The
Fourier-transform infrared spectroscopy (FT-IR) were recorded with a 1 mL of ENPs sus-
pension. FT-IR analysis was realized using a Cary 630 spectrometer (Agilent Technologies,
Santa Clara, CA, USA). The transmission spectrum was acquired with 4 cm~! resolution
and the operating range was 600 cm~! to 4000 cm~! at atmospheric pressure and 20 °C.
The pH of the suspensions of ENPs was measured with 10 mL using a pH Meter.

2.5. Characterization of Soil Samples

The morphological characteristics of both soil samples were obtained by scanning
electron microscopy with a STEM SU-3500 transmission module (Hitachi, Tokyo, Japan) and
the QUANTAX 100 energy-dispersive X-ray spectrometer detector (EDX), (Bruker, Berlin,
Germany) was used for the semi-quantitative analysis of the elemental composition (Al, Si,
and Fe content). 20 mg of each soil sample were deposited onto 300-mesh Formvar/carbon-
coated grids and were inspected under a high-vacuum. Confocal analysis was performed
by laser scanning confocal microscopy (LSCM) using the Olympus Fluoview1000 (Olympus
Optical Co., Melville, New York, NY, USA). 50 uL of the suspensions were collocated on
a microscope slide with a micropipette and the sample was dried on a stove at 40 °C.
The total organic carbon (TOC) of T-OM and R-OM soil samples was calculated using a
Shimadzu TOC-V CPH instrument (Shimadzu, Tokyo, Japan). The TOC was transformed
into soil organic matter content using the conversion factor of 1.72 [30]. The specific
surface area of R-OM and T-OM soils was obtained using the Brunauer, Emmett and
Teller (BET) theory. Approximately 200 mg of soil sample was degassed for 2 h at 105 °C
and then was conducted using N, gas at —196 °C in the relative pressure range (P/P0) of
0.05-0.4. Surface area measurements were made with a Quantachrome Nova 1000e analyzer
(Quantachrome Instruments, Boynton Beach, FL, USA). The average pore volume and size
were obtained using the Barrett-Joyner-Halenda (BJH) model. For the FT-IR absorption
spectrum, soil samples were dried at 50 °C for 12 h to eliminate the interference produced
by the absorption of the water molecules. To determine the functional groups in both
soil samples, the analysis was performed under similar conditions to the ENPs. Soil pH
was determined in 1:2.5 soil: double-distilled water ratio after 5 min shaking and 120 min

135



Minerals 2021, 11, 373

resting, using the same pH Meter used for ENPs determination. Total P was extracted from
the soil samples by alkaline oxidation with sodium hypobromite (NaBrO) [31]. After each
extraction, the supernatant was filtered (5C, Advantec) and then the concentration of total
P in the supernatant was determined using a spectrophotometer Rayleigh UV-2601 with a
wavelength of 880 nm [32]. Exchangeable Al was extracted with KCI (1 M) and measured
using a Unicam model Solaar 969 atomic absorption spectrophotometer (AAS) (Unicam
Ltd, Cambridge, UK). Exchangeable base cations (Na, K, Mg and Ca) in soils were extracted
using NH4Ac (1 M, pH 7.0) and were measured by AAS [33]. Effective cation exchange
capacity (ECEC) was calculated as the sum of exchangeable Al plus the exchangeable base
cations [33].

The ZP and IEP of the soil samples were determined pre- and post-adsorption of HyPO4~
on T-OM and R-OM soil samples in the absence and presence of 5% Cu’ or Ag® ENPs using
the high point adsorption isotherms similar to the procedure followed by ENPs.

2.6. Adsorption Experiments

Batch experiments were conducted to investigate the adsorption of phosphate (indi-
cated as H,PO; ) on T-OM and R-OM soil samples in the absence and presence of 0, 1, 3,
and 5% Cu or Ag? ENPs doses (% w/w). Cu’ or Ag® ENPs doses were added to 0.5 g (dry
weight) of soil samples in polyethylene tubes and mixed with 20 mL H,PO,4~ solution. The
adsorbed amounts of HyPO4~ (g, mmol-kg~!) were determined as the difference between
initial concentration and final concentration of H,PO, ™ in the solution (Equation (1)).

q = (CO — Ct)v (1)

w
where, C,, is the initial concentrations of HyPO,4~ and C; is the concentrations of H,PO4~
at time t or the equilibrium concentration (mmol-L~!), w the weight (kg) of the soil and V
is the volume (L).

To evaluate the pH effect on the adsorption of H,PO,;~ onto T-OM and R-OM soil
samples, stock solutions of 6.47 mmol-L~! of HyPO,~ were prepared with double-distilled
water at pH ranging from 4.5 to 8.5 by adding 0.1 M HCI or KOH and ionic strength 0.01 M
KCl (background electrolyte). The H,PO,~ solutions were added to soil samples with and
without ENPs and were stirred at 200 rpm for 24 h at 20 + 2 °C.

For the kinetic study, the initial solution of 6.47 mmol-L~! of H,PO,~ was adjusted
to pH 5.5 £ 0.2 by adding 0.1 M HCI or KOH at ionic strength 0.01 M KCl and 20 + 2 °C.
Samples were taken from the suspension at 2.5, 5, 10, 30, 45, 60, 120, 180, 360, 720, and
1440 min, and H,PO,~ was determined in solution. Furthermore, the initial pH (pH;) and
the final pH (pHf) were measured after HPO, ™~ solution was added to soil samples (time
0 min) and after H,PO4 ™~ adsorption (1440 min), respectively.

Adsorption isotherms were obtained by varying the initial H,PO,~ concentrations
from 0.016 to 9.71 mmol-L~! and were initially adjusted to pH 5.5 + 0.2 and ionic strength
0.01 M KCl. The suspensions were stirred at 200 rpm in an orbital shaker at 20 £ 2 C for
24 h. To determine the effect of copper (Cu*) or silver cations (Ag*) or L-ascorbic acid on
H,PO4~ adsorption onto T-OM and R-OM soil samples, adsorption isotherms were made
in the presence of 3% Cu?* or Ag* or L-ascorbic acid (% w/w) under the aforementioned
experimental conditions.

The desorption experiment was performed once the adsorption isotherm procedure
had ended by adding 20 mL of double-distilled water three times, and the samples were
then stirred at 200 rpm in an orbital shaker at 20 & 2 °C for 24 h. The desorption percentages
(%) were calculated by the equation used by Silva-Yumi et al. [34] All the samples of the
adsorption experiments were first centrifuged at 10,000 rpm for 10 min, using a centrifuge
RC-5B Plus (Sorvall, Newtown, CT, USA) and then filtered through 0.22 um syringe
filters. In all experiments, the concentration of H,PO4 ™~ in the supernatant was determined
according to the procedure followed for total P. To minimize manipulation errors in the
analysis, the adsorption experiments were performed in triplicate.
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2.7. Data Analysis

The kinetics adsorption (e.g., pseudo-first-order, pseudo-second-order, and Elovich)
and isotherm (e.g., Langmuir and Freundlich) models used in this study are presented in
Tables 1 and 2, respectively.

Table 1. The kinetic models used for the description of phosphate adsorption.

Kinetic Equations Expression Formula Parameters References
Pseudo-first-order (PFO) a4 =q <1 —e ki t) gt = amount of anion adsorbed at any time
¢ (mmol-kg ™).
ge = amount of anion adsorbed at equilibrium
(mmol-kg_l).
k; = PFO rate constant (min—1).
k> = PSO k 1. min—1 [35,36]
kgt H = rate constant (kg-mmol™" -min™").

Pseudo-second-order (PSO) *

9t = THkyq t t = time (min)

o = initial rate constant (mmol-kg_ -min1).
Elovich Q= % In (1+ «ft) 3 = number of sites available for the sorption and
desorption constant (mmol-kg_l).

* From PSO initial adsorption rate (h), can be calculated by multiplying kog? (mmol-kg~!-min~1).

Table 2. The isotherm models used for the description of phosphate adsorption.

Isotherm Equations Expression Formula Parameters References
Langmuir qQ = %{r‘:?ge ge = amount of adsorbed anion per unit mass of the adsorbent at
€ L%e

equilibrium (mmol-kg~1).

Qmax = maximum adsorption capacity (mmol-kg~!).
Ce = concentration of anion at equilibrium in the solution
(mmol-L1).

Ky = constant related to the affinity (L-mmol~1).

Kr = freundlich adsorption coefficient ((mmol~kg‘1)

1 (Lkg™H)!/m).
Freundlich qe = KgC¢ n = adsorption intensity (1 <n < 10).

[34,37]

The data were evaluated through the Chi-square (x?), adding the coefficient of determi-
nation (r?) (Equations (2) and (3)). The lowest x? and highest r? values were used as the best
fit [37]. The statistical analysis of the adsorption data was conducted using Origin Pro 8.0.

(q —q 1)2
2 €,exp e,ca
=) o e P)
Z qe,cal
2 (qe,mean - qe,cal)2
r= 2 (3)

(qe,cal - qe,mean)2 + (qe,cal - qe,exp)

where, qemean is the average value of experimental adsorption capacity (mmol-kg™!),
Qe cal is the equilibrium capacity from a model (mmol-kg ') and qe,exp is the experimental
adsorption capacity.

3. Results
3.1. Characterization of Cu® and Ag” ENPs and Soils

The size, morphology, surface charge and the presence of functional groups on the
surface of prepared ENPs were determined by TEM images, UV-Vis, ZP and FT-IR anal-
yses. TEM images showed that both ENPs had spherical morphology (Figure Slab in
Supplementary Materials). Cu’ ENPs had a diameter between 8 and 29 nm, whereas
Ag’ ENPs showed a diameter between 7 and 27 nm (Figure S2a,b). The UV-Vis spectra
of Cu® and Ag® ENPs showed an extended peak in the range of 342-512 and 337-474
nm, respectively (Figure S3). The FT-IR spectra for pure L-ascorbic acid showed a band
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corresponding to a stretching vibration carbon—carbon double bond at 1674 cm ™! and the
peak of enol hydroxyl at 1322 cm~! (Figure S4a). After the reduction of Cu®* and Ag*
by L-ascorbic acid, the peaks disappeared and new peaks at 3481 cm ! and 1636 cm ™!
were observed (Figure S4b,c), which were associated with the conjugated hydroxyl and
carbonyl groups, respectively. The pH of Cu” and Ag® ENPs suspension was 2.46 and 2.35,
respectively. The IEP of Cu’ ENPs was 2.7, whereas Ag’ ENPs had a negatively charged
surface in the studied pH range (Figure S5).

Physico-chemical properties of the soils untreated (T-OM) and treated with H,O,
(R-OM) are shown in Table 3. The T-OM and R-OM were a typical Andisol exhibiting acidic
characteristics showing pH values of 5.40 (strongly acidic) for T-OM and 6.20 (slightly
acidic) for R-OM. Total P and OM in T-OM were 1.8 and 3.1 times higher as compared
to R-OM, whereas the Al and Fe contents for R-OM were 1.2 and 1.4 times higher than
T-OM. The SEM images revealed a decreased number of aggregates in R-OM compared
to T-OM (Figure 1a,b). The contrasting OM content was also indicated in confocal images
(Figure 1c,d) by a higher green fluorescence intensity for T-OM as compared to R-OM
images. The IEP for T-OM was 3.2, while it was 5.7 for R-OM. Furthermore, the BET-specific
surface area and pore volume increased 1.4 and 11.5 times for R-OM in comparison to
T-OM. The FT-IR analysis (Figure S6) showed that R-OM had bands at 1003 cm~! and
913 cm ™! corresponding to alumina and silica-rich allophane, respectively, while T-OM
only showed the band at 1003 cm ™! [29]. T-OM had more effective cation exchange capacity
(ECEC) than R-OM (Table 3).

Table 3. Physico-chemical properties of soil with total organic matter (T-OM) and with partial
removal of matter (R-OM).

Parameter T-OM R-OM
pH (H,O) 54 +£0.0 6.2+0.0
Total P (mg-kg ') 1766.4 £ 27.0 996.6 + 15.0
Si (%) 159 £ 35 16.3 £29
Al (%) 11.7+ 1.1 141+15
Fe (%) 75+0.6 105+£1.2
OM (%) 141+ 0.1 46+0.1
ECEC (cmol(+) kg 1) * 88 £05 7.8 £0.0
Isoelectric point 32 5.7
BET- specific surface area (m?2- g_l) 17.4 244
Average pore volume (cm?3- gfl) 0.002 0.023
Average pore diameter (A) 10.7 10.4

* ECEC: Effective cation exchange capacity.

3.2. HyPO,~ Adsorption on Soils with and without Cu’ or Ag’ ENPs
3.2.1. Effect of pH Solution

Figure 2 shows the effect of the HyPO,~ pH solution between 4.5-8.5 on H,PO4™
adsorption on T-OM and R-OM soil samples in the absence and presence of ENPs. The
H,;PO4~ adsorbed on T-OM decreased slightly with increasing pH without and with
ENPs. When Cu’ or Ag? ENPs content increased, the HyPO4~ adsorption on T-OM was
1.4-1.8 times higher than without ENPs (Figure 2a,c). In addition, the H,PO4~ adsorption
on R-OM increased with increased Cu” ENPs doses, but with Ag® ENPs showed no changes
(Figure 2b,d).
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o . AR L P
Figure 1. SEM analysis to soil with (a) total organic matter (T-OM) and (b) partial removal of organic
matter (R-OM) and confocal images to soil with (¢) T-OM and (d) R-OM.
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Figure 2. Initial pH effect of the solution on the adsorption of HPO,~ in the presence of Cu’ ENPs on soil with (a)
total organic matter (T-OM) and (b) partial removal of organic matter (R-OM) and Ag0 ENPs on soil with (¢) T-OM and
(d) R-OM.
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3.2.2. Adsorption Kinetics

The kinetic studies are shown in Figure 3. We observed that increasing in contact time
at pH 5.5 as well as in the presence of Cu” or Ag? ENPs there was a subsequent increase
in the adsorption of H,PO,~ in T-OM and R-OM soil samples. It was also shown that
adsorption comprised a fast initial phase at 45 min, followed by a slower rate stage until
equilibrium was reached at 360 min for T-OM and at 720 min for R-OM, whereas in the
presence of ENPs for most systems it was reached at 720 min. Based on the Table 4, in
the absence of ENPs after H,PO, ™ adsorption on T-OM and R-OM soil samples, the final
pH (pH¢) showed an increase in relation to the initial pH (pH;). A similar tendency was
obtained with increasing the ENPs doses and the pH; and pHs values were lower compared
with systems without ENPs.

o +1%Cu’ENPs o + 3%Cu’ENPs ¢ + 5%Cu’ENPs

Phosphate adsorbed (mmol-kg'1)

201 ——Elovich

0 1¥ T T

= T-OM :? —— Elovich e R-OM

o + 1%Ag°ENPs o + 3%Ag’ENPs ¢ + 5%Ag’ENPs

Phosphate adsorbed (mmol-kg™")

204 — Elovich

= T-OM| | —  FElovich e R-OM

0 1¥ T 1

0 200 400

T T T T T T T -? T
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Figure 3. Phosphate adsorption kinetics at pH 5.5 & 0.2 of the solution in the presence of Cu® ENPs on soil with (a) total
organic matter (T-OM) and (b) partial removal of organic matter (R-OM) and Ag0 ENPs on soil with (¢) T-OM and (d) R-OM
modelled by the Elovich model.
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Table 4. pH changes associated to H,PO,~ adsorption in the absence and presence of different doses of Cu” or Ag?
ENPs and two levels of soil organic matter content (total organic matter, T-OM and partial removal of organic matter,
R-OM). Experimental conditions: 6.47 mmol-L~1 H,PO,~ solution at pH5.5,0.01 M KCl at 20 £ 2 °C. Initial pH (pH;) and
final pH (pHy) were measured after HyPO4~ solution added to soil samples (time 0 min) and after HyPO, ™~ adsorption
(1440 min), respectively.

cu® ENPs Ag? ENPs

0% 1% 3% 5% 1% 3% 5%

pH; pH¢ pH; pH¢ pH; pH¢ pH; pH¢ pH; pH¢ pH; pH¢ pH; pH¢

T-OM 54+0.1 5740.0 50+0.1 54400 43401 4.7 +£0.0 4.0+0.0 42400 50+0.1 56402 45401 49+00 42401 4.7 +£0.0
R-OM 52+0.0 5.6+0.1 47+01 53+0.1 4240.0 44+00 3.8+0.0 3.9+0.0 4.6+0.1 50+0.1 42400 44+00 3.9+0.0 4.0£00

To determine the kinetic constants and understand the adsorption mechanisms, the ex-
perimental kinetics data were modeled by the pseudo-second-order (PSO)
Elovich (Table 5) and pseudo-first-order (PFO) (Table S1) models. PSO and PFO mod-
els describe the kinetics of the adsorbate on an adsorbent based on chemical-adsorption
and physical-adsorption, respectively, with respect to the adsorbent capacity [36]. On the
other hand, the Elovich model describes the sorption of adsorbate onto a heterogeneous
surface [38,39].

Based on the higher r? and the lower x? values, the PSO model fitted to the adsorption
kinetics data better than the PFO model. According to the PSO model, the amount of
H,PO,~ adsorbed at equilibrium (qe 1) in T-OM and R-OM soil samples increased with
ENPs contents and it was higher in R-OM than T-OM, except for 3 and 5% Ag” ENPs doses.
The kinetic rate (k) did not show a clear trend at low ENPs contents. However, it increased
in T-OM with 5% Ag® ENPs and with 3 and 5% Cu® ENPs in R-OM as compared to the
soils without ENPs. Similar behavior was observed for the initial adsorption rate (h) in the
presence of ENPs leading to increases by adding 3% Cu’ and 5% Ag? ENPs for T-OM and
R-OM soil samples and 5% Cu® for R-OM and 3% Ag® ENPs for T-OM.

Experimental kinetic data at pH 5.5 in T-OM and R-OM soil samples without and with
increasing Cu’ or Ag’ ENPs content also adequately fitted the Elovich model
(12 = 0.927 — 0.998 and x> = 9 — 279). This means that the H,PO,~ adsorption hap-
pened on a heterogeneous substrate [38]. The initial rate (&) and the surface coverage (j3)
obtained from this model showed a similar tendency to h and kj, respectively, calculated
from the PSO model. Thus, both PSO and Elovich models were capable of describing the ki-
netics of HyPO,4~ adsorption on volcanic soils. Similar results have been obtained by other
researchers for an acid soil [40] and for adsorbents such as biochar [38] and chitosan [41].

3.2.3. Adsorption Isotherms

The isotherm adsorptions at pH 5.5 (Figure 4) showed that the amount of H,PO4™
adsorbed was slightly higher in R-OM than T-OM and H,PO,4~ adsorption increased with
increasing ENPs contents. In general, all adsorption isotherm described curves type L [42].
This means that a high affinity of H,PO,~ anions exist in both soils. In particular, in
T-OM samples, the curve reached a strict asymptotic plateau, while in R-OM the curve
did not reach it. This difference indicated that the number of adsorption sites in the T-OM
sample for H,PO, ™ is limited; on the contrary, the R-OM sample had a greater number of
adsorption sites for HyPO, ~. At the same time, by increasing the Cu’ or Ag? ENPs content,
the curves showed a much less strict plateau for both soil samples, suggesting that the
number of available adsorption sites for HyPO4 ™~ increased [42,43].
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Table 5. Pseudo-second-order and Elovich parameters (& standard error) obtained from H,PO4 ™ adsorption kinetics at pH 5.5 &= 0.2 for the soil with total organic matter (T-OM) and with

partial removal of organic matter (R-OM) in the absence and presence of different doses of Cul or Ag0 ENPs.

Pseudo-Second-Order Elovich
k;
ENPs e exp Qe,cal (x10—4 h » o (x103 B (x10-2 2 »
Doses (%) (mmol-kg—1) (mmol-kg—1) kg-mmol-1.  (mmol-kg~1-min—1) X mmol-kg~1-min—1)  kg-mmol~1) X
min—1)
T-OM 0 1779 £ 24 1643 £5.1 16.6 £1.9 45.6 £ 0.0 0.940 157 19+03 64+04 0.985 40
R-OM 200.4 £ 4.2 1744 £ 6.1 169 £25 50.5 £ 0.0 0.924 226 20+03 59+03 0.993 21
Cu’
T-OM 1 203.1 +£5.1 1774 £ 6.8 14.0 £4.0 44.0+ 0.0 0.915 271 1.0+0.2 54+£03 0.986 43
R-OM 2271 +£28 206.5 £ 4.5 109 +1.7 46.5+£0.0 0.973 114 1.3£04 48+04 0.972 118
T-OM 3 2342 + 39 2024 £ 84 140+ 44 574 +£0.0 0.900 430 1.7£04 49 +£03 0.989 45
R-OM 2345+ 1.5 2214+ 3.5 264+40 1294 + 0.0 0.980 86 590.5 £15.2 73+05 0.970 123
T-OM 5 251.1+7.2 2149 £9.0 94128 43.4+0.0 0.910 454 0.7+0.1 42 +0.0 0.998 9
R-OM 2440 £ 4.3 2329 £ 4.5 28.8 £ 5.6 156.2 £ 0.0 0.970 139 1518.7 £ 101.6 74+£08 0.980 91
Ag’

T-OM 1 2209 £ 4.8 1834+ 6.5 9.0+ 35 30.1£0.0 0.941 280 04+0.1 4.6+02 0.988 43
R-OM 2159 £ 6.0 185.8 £ 7.7 81+23 28.1+£0.0 0.933 306 03+0.2 4.6 £0.5 0.927 279
T-OM 3 228.1 +4.1 201.7+79 13.6 £4.0 55.3 £ 0.0 0.927 373 1.7+ 0.3 5.0. £0.2 0.995 21
R-OM 2240+£5.2 1879 £ 8.7 79425 279 £ 0.0 0.905 386 02+0.1 42+03 0.968 132
T-OM 5 239.6 £ 3.6 2132 £5.6 18.1 £ 3.9 82.3 £ 0.0 0.952 186 11.2£1.0 6.6 =04 0.974 112
R-OM 232.0 + 4.5 194.2 + 8.8 13.7 £ 4.7 51.7 £ 0.0 0.942 263 1.1+02 494+04 0.979 84
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Figure 4. Phosphate adsorption isotherms at pH 5.5 4 0.2 of the solutions in the presence of Cu® ENPs on soil with (a) total
organic matter (T-OM) and (b) partial removal of organic matter (R-OM) and AgO ENPs on soil with (c¢) T-OM and (d) R-OM
modelled by the Langmuir and Freundlich models.

The adsorption isotherm data were fitted by Langmuir and Freundlich
models (Table 6), which have been frequently used to explain H,PO,~ adsorption on
different soils [44,45].

Table 6. Langmuir and Freundlich parameters (+ standard error) obtained from H,PO,~ adsorption isotherms at
pH 5.5 £ 0.2 and desorption (%) for the soil with total organic matter (T-OM) and with partial removal of organic
matter (R-OM) in the absence and presence of different doses of Cu® or Ag® ENPs.

Langmuir Freundlich Desorption

ENPs q Ky q Kr

Doses e 1 max r? x> ((mmolkg1) n r? x? (%)
(%) (mmol-kg~1) (L-mmol-1) (mmol-kg—1) (L~kg*1)1/“)

T-OM 0 213.6 £ 0.6 36+1.5 216.1+20.0 0934 3% 1435+ 5.0 34+03 0982 111 31.6
R-OM 2564+ 1.4 201+73 2247 £15.6 0944 437 181.0 £ 9.0 36+04 0961 299 9.7

Ccu’
T-OM 1 2250+ 1.1 78 +32 2162+ 16.6 0943 388 152.1 +£10.6 30+04 0928 488 24.0
R-OM 301.0 +0.7 73+238 280.4+232 0942 600 216.3 + 10.2 26+02 0.966 352 9.5
T-OM 3 262.0 +£0.2 72+1.6 2554 +143 0968 274 175.0 + 13.6 26+03 0923 738 10.7
R-OM 3184+ 14 3.6+0.8 3827+ 315 0963 434 266.8 + 25.8 19+03 0.870 1550 6.4
T-OM 5 299.2 + 0.5 54+ 1.5 3164 +261 0945 604 216.0 +22.0 23+04 0.854 1590 9.5
R-OM 3433 +24 3.0+09 4402 +£553 0926 1000 298.2 +33.5 19+03 0.836 2208 45

Ag’
T-OM 1 213.8 +3.0 81+27 2005+ 133 0953 290 1434+ 7.0 33+03 0964 219 315
R-OM 261.3 £ 0.3 52+0.8 2640+ 114 0982 151 171.3 £ 13.3 25+03 0921 724 16.8
T-OM 3 2362+ 1.9 32+08 2499 +19.2 0948 361 139.9 + 14.2 23+04 0.870 946 29.4
R-OM 292.7 +£2.1 73+15 281.4+155 0970 302 202.9 + 13.0 25+03 0940 604 21.0
T-OM 5 284.1+2.8 22+0.6 332.8+30.8 0951 500 178.6 +18.1 20+03 0871 1327 22.2
R-OM 2975+ 14 47 +12 301.4+214 0958 434 201.5 + 15.6 22+03 0924 881 22.1
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The Freundlich model fitted the experimental data of T-OM and R-OM soil samples
better than the Langmuir model (Table 6). However, in the presence of ENPs in T-OM and
R-OM soil samples, the Langmuir model, except for R-OM—1% Cu” ENPs and T-OM—1%
Ag? ENPs systems, showed a better fit to the experimental data (r?> = 0.926 — 0.982 and
x? =151 — 1000). According to the Langmuir model, the maximum H,PO,~ adsorption
capacity (qmax) in R-OM and T-OM soils increased with ENPs contents, and it was higher on
R-OM than T-OM, except for 5% Ag0 ENPs dose, in contrast to the affinity coefficient (Kp ).

3.2.4. Desorption

The desorption (%) depends on the chemical nature and energy of the bonds between
soil components and phosphate [46]. In this sense, after the soil samples were treated with
double-distilled water repeatedly (three times), H,PO,~ desorption was about 3.2 times
higher from T-OM than R-OM (Table 6). In the presence of ENPs, the desorption from
R-OM and T-OM soils decreased with increasing Cu’ ENPs doses as well as from T-OM
with 3 and 5% Ag? ENPs. In contrast, with increasing Ag? ENPs content, desorption from
R-OM was greater than without ENPs.

4. Discussion
4.1. Characterization of Cu® and Ag” ENPs and Soil Samples Studied

The particle size average of Cu® (19 nm) and AgO ENPs (17 nm) was low due to
L-ascorbic acid coating, which provides colloidal stability to the nanoparticles by elec-
trostatic repulsion. The stability effect of the L-ascorbic acid coating could be attributed
to the presence of a polyhydroxyl structure on the surface of both nanoparticles [28].
This was supported by the high negative values of ZP, which is normally related to the
negatively charged groups of the capping agents [28,47]. Similar results using organic
molecules as reducing and capping agents for the preparation of ENPs have been reported
previously [28,47-50].

The organic matter in volcanic soils is highly stabilized [51], whereby after repeated
treatment with H,O,, only a part of the OM was removed from soil, accounting a 14.1% of
OM (T-OM), obtaining a soil sample with 4.6% of OM (R-OM) (Table 3). The partial removal
of OM significantly changed the aggregate structure of the soil because OM acts as a
binding agent [52]. In addition, T-OM had more aggregates, a higher P concentration and an
effective cation exchange capacity (ECEC) as compared to R-OM. In this sense, it is knowing
that the functional groups of OM such as carboxyl, alcoholic hydroxyl, and phenolic
hydroxyl contribute to the aggregation of soil particles, formation of humic (organic
matter)-Al (Fe)-phosphate complexes and cations adsorption [52,53]. Likewise, R-OM
samples had a higher IEP and BET-specific surface area than T-OM. This can be explained
by the exposure of =Fe-OH and =AIl-OH active sites from amorphous components of the
soil, which decreased the negative charges of the surface and increased BET-specific surface
area [34]. In general, allophane and ferrihydrite minerals can interact with negatively
charged ENPs through attraction (Van der Waals) forces contributing to their retention in
the soil [54].

4.2. Ad- and Desorption of Phosphate on Soils

The phosphate adsorption isotherms on T-OM and R-OM soil samples in the absence
of ENPs were best fitted to the Freundlich model (Table 6), which reflected the hetero-
genic nature of soil components. The intensity of adsorption (n) and relative adsorption
capacity (Kg) for R-OM were higher than T-OM. The difference between Kg and n for
two soil samples may be due to the higher OM content of T-OM, since OM could block
adsorption-specific sites leading to a lower availability of surface-reactive sites and weak
interaction with HyPO, ™ [55]. The OM can act by preventing the irreversible retention of
H,PO,4™ and increasing the nutrient recovery. We found that, after partial OM removal, the
H,PO,~ desorption from R-OM was lower than from T-OM (Table 6), indicating a strong
interaction between the phosphate and mineral components of R-OM [15,16,23]. These
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results are supported by the higher BET-specific surface area and lower negative surface
charge of R-OM as compared to T-OM. Similar results were obtained by Zeng et al. [56] for
H,PO,4~ desorption in volcanic soils exhibiting contrasting OM contents. However, these
findings were in contrast to the results reported by Debicka et al. [57] by removing the
OM from sandy soil resulted in decreases of K and n values. Contrasting results could be
attributed to the particularly components in each soil. According to the FAO-WRB soil clas-
sification, sandy soils such as Brunic Arenosols are mainly characterized by minerals such
as hematite, goethite, and maghemite [57,58]. On the contrary, Santa Barbara soil is formed
by minerals such as allophane (>50%), followed by 1-5% halloysite and vermiculite [59].
In this context, Parfitt [60] found that phosphate was adsorbed in the order hematite ~
goethite < ferrihydrite < allophane. Moreover, H,PO4~ can be rapidly and strongly ad-
sorbed on the most reactive aluminol (=Al-OH) groups of the allophane by ligand exchange
forming monodentate or/and binuclear complexes.

According to the PSO model, the higher HPO,~ adsorption (qe ca) was in the R-
OM as compared to T-OM (Table 5), which could due to the destruction of OM in T-OM,
leading to a larger pore volume and BET-surface area. In addition, R-OM improved
the accessibility to active sites for HyPO,~ according to the higher values of o and h
obtained for R-OM (Table 5) [57]. The h parameter can be associated to the chemical and/or
hydrogen bonding interaction between H,PO,4 ™~ and surface hydroxyls in soil samples at
the initial adsorption process [16]. Moreover, considering the Elovich model and increase
in pHy values after H,PO, ™~ adsorption with respect to pH; (Table 4), we might suggest
that H,PO4~ adsorption in T-OM and R-OM soil samples was performed mainly through
ligand exchange (chemi-adsorption) onto Fe/Al (hydr)oxides forming monodentate or
bidentate complexes. The pH changes were consistent with the studies carried out by
Vistoso et al. [24], who reported that HyPO,~ was adsorbed through ligand exchange
mechanism in volcanic soils with contrasting properties.

The H,PO,~ adsorption on T-OM was pH-dependent in contrast to R-OM (Figure 2).
In this context, the IEP of T-OM was 3.2 whereas it was 5.7 for R-OM. Therefore, in acidic pH
H,PO4~ solution the surface hydroxyl (-OH) groups in R-OM were more protonated than
in T-OM, causing a favorable effect on electrostatic interaction and ligand exchange [61].
However, at alkaline pH H>PO, ™ solution, mainly for T-OM, there was a decrease in the
ligand exchange and an increase in electrostatic repulsion due to deprotonation from soil
superficial groups. Likewise, at a higher pH, the competition between OH™ and H,PO4~
on the T-OM surface would also reduce the H,PO4~ adsorption [62].

4.3. Ad- and Desorption of Phosphate on Soils in the Presence of Cu’ or Ag” ENPs

The increasing phosphate adsorption with increasing ENPs content in soils indicated
that in the presence of ENPs, the number of adsorption sites increased. Although, there
was a decrease in the initial adsorption rate (h) with 1% ENPs content, which implied that
during the first few minutes ENPs compete with HyPO4 ™~ for the adsorption sites of the soil
surface. Additionally, h strongly increased with 3 and 5% ENPs content, suggesting that
ENPs also contributed to new adsorption sites for H,PO, ™~ [63,64]. Accordingly, Duncan
and Owens [63] indicated that CeO, ENPs can be adsorbed on soil adsorption sites before
Pb(II) and Sun et al. [64] determined a similar trend for h with increasing carbon nanotubes
(CNTs) content after studying the effects of CNTs with outer diameter of 25 nm and inner
diameter of 5 nm on Cd(II) adsorption in sediments.

The adsorption isotherms of H,PO4~ on T-OM and R-OM following Cu® or Ag? ENPs
addition fitted to the Langmuir model (Table 6). Similarly, Sun et al. [64] found that in the
presence of CNTs the isotherms for Cd(II) on sediment showed a better fit to the Langmuir
than the Freundlich model; however due to the adsorption sites of sediments with CNTs
are heterogeneous, they used the Freundlich to describe their results. Therefore, the fit of
adsorption data to the Langmuir model in the presence of ENPs should be more studied.

Adsorption enhancement was larger through Cu’ than Ag® ENPs. According to Af-
shinnia and Baalousha [65], the decrease in the zeta potential after H,PO4~ adsorption
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on T-OM and R-OM soil samples with ENPs could be associated with HyPO4~ adsorp-
tion/complexation onto the ENPs surface (Figure S7). In this context, Niaura et al. [66]
indicated that H,PO,~ was adsorbed through monodentate surface coordination on Cu’
ENPs, while on Ag? ENPs it was performed through hydrogen bonding [66,67]. Although
both coated ENPs had a low rate of oxidation and dissolution [68], it was probable that
these processes could be favored by an acidic soil pH as well as a consequence of the
ionic exchange between H,PO4~ and L-ascorbic acid on the surface of the ENPs, being
similar to the mechanism observed for citric acid [50]. Under such conditions, Cu® could be
oxidized to Cu?* (E°cyo.+ /cuo = 0.337 V) and the amount of phosphate adsorbed in T-OM
and R-OM soil samples increased (Figure S8) because Cu?* could be linked to H,PO,~ and
hydroxyl groups of OM via a cation bridge [69]. Furthermore, this could be attributed to
the formation of complexes between Cu?* and H,PO,~ and the precipitate of Cuz(POy4),
(Ksp =2.07 x 10~33) [70]. Meanwhile, in the case that Ag™ ions were released from AgO
ENPs into solution (E° g, /ag0 = 0.799 V), the formation of AgCl precipitate was more
favorable (Ksp = 1.77 x 10719 than a Ag3POy formation (Ksp = 8.89 x 10-17) [71,72].

On the other hand, the presence of L-ascorbic acid free in soil solution slightly com-
petes with H,PO,4 ™ for available adsorption sites, decreasing HyPO,~ adsorption on T-OM
and R-OM soil samples (Figure S8). However, as a consequence of the addition of Cu’
or Ag’ ENPs suspensions to soil samples, the pH; values decreased, being less acidic in
T-OM as compared to R-OM (Table 4), which was consistent with the buffering capacity
of OM [73]. An acid pH can be associated with a decrease in the electrostatic repulsion
between H,PO,4~ and the negatively charged surface of the organic matter (-COOH, -OH)
due to a decrease in the number of deprotonated surface groups [74]. Furthermore, the
protonation of surface hydroxyl groups of Fe/Al (hydr)oxides might be favored by acid
pH values, promoting the H,PO, ™ adsorption through a ligand exchange [24,75,76]. In
the same way; it has been reported that below 4.5 of pH values the mineral dissolution is
favored, promoting the precipitation reactions between H,PO,~ and cations in solution
(AI** and Fe3*) [77], and to form HyPO, ™ -cation-organic matter complexes [53].

The increase of the H,PO4~ adsorption at a low pH has been demonstrated on pillared
bentonites [75], AgNPs-tea activated carbon [76], sediments [78] and in Andisol soils [24].
Future research should be addressed to corroborate whether, in the presence of both ENPs,
one of these mechanisms was prevalent for H,PO,~ adsorption on T-OM and R-OM soil
samples, or whether several mechanisms acted together.

The H,PO,4~ adsorption in the presence of ENPs through chemical interactions onto a
heterogeneous surface was indicated by the adequate fits of the kinetic data to the PSO and
Elovich models (Table 5). In addition, the desorption behavior supported the adsorption
mechanisms proposed in the presence of ENPs. With Cu® ENPs, the desorption of HyPO,~
from T-OM and R-OM soil samples was smaller than Ag? ENPs. These results can be
supported by a chemisorption-like interaction between HyPO,~ and Cu® ENPs. Similarly,
desorption studies of U(VI) on the soil in the presence of nano-crystalline goethite showed
that U(VI) was more resistant to released due to an increase in the inner-sphere complexes
on the soil surface [79]. In addition, Elkhatib et al. [80] revealed that sorption of Hg(II)
on arid soils in the presence of water treatment residual nanoparticles occurred mainly
through inner-sphere complexes, which enhanced Hg immobilization in the arid soils.
The high desorption of HyPO,~ in R-OM following Ag? ENPs addition needs further
investigation. One possible explanation for this is that the Ag® ENPs were attached to the
potential HyPO, ™~ adsorption sites, such as allophane and Fe oxides, leading to a blocking
effect for HyPO4™ on this soil with lower levels of OM. Then, the H,PO,~ physi-adsorbed
(through hydrogen bonding) on the surface of the attached Ag? ENPs was more desorbable.

5. Conclusions

Our study demonstrated that the phosphate adsorption process in the presence of
ENPs was dependent on the amount of ENPs and soil organic matter content. The addition
of Cu® caused a higher increase in phophate adsorpion on T-OM and R-OM as compared to
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the Ag? ENPs. The Elovich and pseudo-second-order (PSO) models correctly described the
kinetic adsorption of phosphate on T-OM and R-OM soil samples without and with ENPs.

The phosphate adsorption with both ENPs was better described by the Langmuir
isotherm model than the Freundlich model. According to the Langmuir model, by increas-
ing the ENPs content from 0 to 5%, the maximum adsorption capacity (qmax) of HoyPO4~
for T-OM ranged from 216.1 to 316.4 mmol-kg ! following the Cu® ENPs addition and to
332.8 mmol-kg ! using Ag® ENPs. Meanwhile, with the increase from 0 to 5% of ENPs,
the qmax of HyPO,~ for R-OM ranged from 224.7 to 440.2 mmol-kg~! with Cu® ENPs
and to 301.4 mmol-kg~! with Ag? ENPs. Phosphate desorption in T-OM and R-OM soils
following Cu® ENPs addition was lower than Ag0 ENPs. In the future, more attention
should be pointed globally to management agriculture practices based on nanotechnology,
because the incorporation of ENPs into the soil have the potential to reduce the already
limited crop phosphorus availability.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/10
.3390/min11040373/s1, Figure S1: TEM images L-ascorbic acid-stabilized (a) Cu® and (b) Ag® ENPs,
Figure S2: Histograms with the corresponding particle size distribution for L-ascorbic acid-stabilized
(a) Cu® and (b) Ag® ENPs, Figure S3: UV-Vis absorption spectra for L-ascorbic acid-stabilized Cu’
and AgO ENPs, Figure S4: FT-IR spectra of (a) Pure L-ascorbic acid, (b) L-ascorbic acid-stabilized
Cu” ENPs and (c) L-ascorbic acid-stabilized Ag’ ENPs, Figure S5: Zeta potential of L-ascorbic acid-
stabilized Cu® and Ag® ENPs in 0.01 M KCl, Figure S6: FT-IR spectrum for soil samples with (a) total
organic matter (T-OM) and (b) partial removal of organic matter (R-OM), Figure S7: Zeta potential
curves in the presence of 9.71 mmol-L~1 H,PO,~ and 5% Cu® or 5% Ag0 ENPs at constant ionic
strength (0.01 M KCl) for soil with (a) total organic matter (R-OM) and (b) partial removal of organic
matter (R-OM), Figure S8: Adsorption isotherm curves of HyPO4~ on (a) total organic matter (T-OM)
and /9b) partial removal of organic matter (R-OM) in the presence of 3% L-ascorbic acid and Cu?*
and Ag*. Reaction conditions: Concentrations from 0.016 to 9.71 mmol-L~! H,PO,~ on 0.5 g soil
in 0.01 M KCl at 20 4+ 2 "C and pH 5.5, Table S1: Pseudo-first-order parameters (4 standard error)
obtained from H,PO,~ adsorption kinetics in the absence and presence of different doses of Cu’
and Ag? ENPs at pH 5.5 4 0.2 for soil with total organic matter (T-OM) and with partial removal of
organic matter (R-OM).
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Abstract: Pollution of river bottom sediments with heavy metals (HMs) has emerged as a main
environmental issue related to intensive anthropopressure on the water environment. In this context,
the risk of harmful effects of the HMs presence in the bottom sediments of the Warta River, the third
longest river in Poland, has been assessed. The concentrations of Cr, Ni, Cu, Zn, Cd, and Pb in the
river bottom sediments collected at 24 sample collection stations along the whole river length have
been measured and analyzed. Moreover, in the GIS environment, a method predicting variation
of HMs concentrations along the whole river length, not at particular sites, has been proposed.
Analysis of the Warta River bottom sediment pollution with heavy metals in terms of the indices:
the Geoaccumulation Index (Igeo), Enrichment Factor (EF), Pollution Load Index (PLI), and Metal
Pollution Index (MPI), has proved that, in 2016, the pollution was heavier than in 2017. Assessment of
the potential toxic effects of HMs accumulated in bottom sediments, made on the basis of Threshold
Effect Concentration (TEC), Midpoint Effect Concentration (MEC), and Probable Effect Concentration
(PEC) values, and the Toxic Risk Index (TRI), has shown that the ecological hazard in 2017 was
much lower. Cluster analysis revealed two main groups of sample collection stations at which
bottom sediments showed similar chemical properties. Changes in classification of particular sample
collection stations into the two groups analyzed over a period of two subsequent years indicated that
the main impact on the concentrations of HMs could have their point sources in urbanized areas and
river fluvial process.

Keywords: heavy metals; pollution; bottom sediments; river

1. Introduction

Surface water accumulated in the rivers, lakes and water reservoirs makes invaluable
resources of fresh water vital for all kinds of use, e.g., for household users and industry,
agriculture purposes, production of renewable energy, water transport, and recreation
purposes. The possibility of using water resources is closely related to a number of
factors modified by the type of natural or anthropogenic sources and climate changes.
These factors include the quality of water [1-5], the quality of bottom sediments [6-8],
processes of eutrophication and overgrowth [9,10], hydrological processes, and extreme
natural phenomena [11,12].

One of the greatest hazards to the water environment is the pollution of water and
bottom sediments with heavy metals. According to Liu et al. [13] and Jain and Sharma [14],
over 97% of the mass transport of heavy metals to oceans involves river bottom sediments.
Water pollution with heavy metals is a common problem, so their concentrations, dis-
tribution and sources have been of global interest [15-18]. The presence of heavy metal
pollutants in the water environment has been of great concern because of their estab-
lished negative effect on the health of humans and state of ecosystems [19-21]. Moreover,
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Wau et al. [22] have suggested that future climate changes will increase the harmful effect
of heavy metals in water environment because of their release from bottom sediments
to water.

Pollution with heavy metals is considered as a serious threat to the water environment
because of its chronic character, stability, toxicity, heavy metal ability to enter the food chain
and bioaccumulation [23-25]. After the release, heavy metals can be distributed through
different elements of the river environment, they can accumulate in water, bottom sedi-
ments, as well as the river fauna and flora. As follows from the hitherto studies, some small
amount of heavy metals remains in the water column, while their majority gets accumu-
lated in bottom sediments [26]. It has been documented that the river bottom sediments are
of key importance in sorption and transport of heavy metals in the water environment [27].

Heavy metals combine with the bottom sediments in the hyporheic zone as a result
of many processes, including coprecipitation, particle surface adsorption, ionic exchange,
hydrolysis, and deposition in organic matter [23,28]. The most abundant sources of heavy
metals are anthropogenic point and area sources related to agricultural and industrial
activity [29,30]. After introduction to the water ecosystem, most of heavy metal pollutants
attach to solid particulate matter [6,31] and gets deposited in bottom sediments leading
to harmful biological effects, even if the water quality meets the criteria specified in a
certain regulations [32]. The content of heavy metals in bottom sediments also depends
on hydrodynamic conditions [33]. According to the hitherto studies, the content of heavy
metals in river bottom sediments is usually lower than in the water reservoirs supplied by
the rivers [23].

Accumulation of heavy metals in bottom sediments poses a persistent threat to the
uniform parts of water and other elements of the natural environment. When released from
bottom sediments heavy metals can pose a threat to the river flora and agricultural crops
as they may accumulate in the plants with water from irrigation installations, along with
causing harmful effects to the fauna [34]. Some of the metals accumulated in bottom
sediments have been proved to be dangerous even when present in small amounts, de-
pending on their origin [30]. In view of the above, it is of great importance to define and
analyze the indices describing the quality of bottom sediments in order to establish the
risk of contamination and toxicity related to the presence of heavy metals in the water
environment. So far, a number of such indices have been defined, including the Geoac-
cumulation Index (Igeo), Enrichment Factor (EF), Pollution Load Index (PLI), and Metal
Pollution Index (MPI), and some regulations concerning the quality of bottom sediments
have been formulated [26,35,36].

This study was undertaken to perform spatial analysis of variability of heavy metal
concentration in the bottom sediments of the Warta River, the third longest river in Poland.
The analysis was performed on the basis of data collected at 24 sample collection stations
localized along the river course. In the samples collected at these sites the concentrations
of the metals: Cr, Ni, Cu, Zn, Cd, and Pb were measured. The overriding aim was
realized through fulfilment of the following objectives: (1) analysis of the concentrations of
heavy metals in the river bottom sediments; (2) determination of the temporal and spatial
variability of the heavy metals concentration; (3) analysis of contamination of the river
bottom sediments; (4) evaluation of ecological hazard; and (5) identification of potential
sources and factors determining the content and spatial distribution of heavy metals in the
Warta River.

2. Materials and Methods
2.1. Study Site Description

The Warta River of 808 km in length is the third longest river in Poland. Its catchment
area is 54.5.103 km?2, which makes about 17.4% of the area of Poland. The river flows in the
western part of Poland and is the right tributary of the river Odra. The main tributaries
of the Warta River are: Ner, Prosna, Obra, and Note¢ (Figure 1). The source of the Warta
River is at the altitude of about 380 m a.s.l., while its mouth is at 12 m a.s.l. The parent
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rocks of the soil in the river catchment area are postglacial formations. The near-surface
layer is dominated with sand and clay formations. The dominant form of land use in the
catchment area of the Warta River is agriculture (arable land), covering about 60% of the
whole area. The total annual precipitation in the area varies from over 650 mm in the upper
course (the Krakowsko-Czestochowska Upland) to nearly 500 mm in the middle course
(e.g., catchment area of the upper course of the river Note¢), for the sake of comparison the
mean annual precipitation for Poland is 600 mm.
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Figure 1. Study site location.

2.2. Materials

The analysis was made on the basis of the measurements of the concentrations of the
metals: Cr, Ni, Cu, Zn, Cd, and Pb in the bottom sediments of the Warta River, performed
within the program of State Monitoring of the Natural Environment from the period of
2016-2017. Samples of the river bottom sediments were collected in 2016 and 2017 at
24 sample collection stations localized along the course of the Warta River (Figure 1).
Sample collection stations were located at the borders of the catchment area, at the mouths
of tributaries and below large cities or towns where industrial plants are located. Chemical
analysis was performed for a 5 cm thick surface layer of the bottom sediment collected
at, from 4 to 5 sites over a section of 50 m for each of the 24 sample collection stations.
The samples were mixed and subjected to chemical analysis. Measurements were made
by the inductively coupled plasma atomic emission spectroscopy (ICP-OES) according to
PN-EN ISO 11885:2009 PB/1/13/D:04.2013.

The boundaries of the Warta River basin area were delimited on the basis of the Raster
Hydrographical Map of Poland (MPHP) developed by the Section of Hydrography and
Morphology of Riverbeds of the Institute of Meteorology and Water Management (IMGW).
The map shows a complete hydrography of Poland in vector format at a scale of 1:50,000,
in the PUWG-92 coordinate system. The type of landscape sculpture was characterized on
the basis of the Digital Terrain Model (DTM) of the mesh size of at least 100 m, provided by
the Head Office of Geodesy and Cartography (GUGIK). The structure of land use over the
river basin area was characterized on the basis of the digital database Corine Land Cover
(CLC) obtained from the Chief Inspectorate of Environmental Protection.
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2.3. Methods

Analysis of the content of heavy metals in the Warta River bottom sediments was
performed in four stages. At first, a general characterization of the contents of heavy metals
in the bottom sediments in 2016 and 2017 was made using the basic tools of statistical
analysis. The second stage was devoted to assessment of contamination of the bottom
sediments with heavy metals based on the calculation of Geoaccumulation Index (Igeo),
Enrichment Factor (EF), Pollution Load Index (PLI), and Metal Pollution Index (MPI).
At the third stage analysis of the possible hazardous effects of the heavy metals present in
the river bottom sediments on the water flora and fauna was made using the procedure
proposed by MacDonald et al. [37] based on the Threshold Effect Concentration (TEC),
Probable Effect Concentration (PEC), and Midpoint Effect Concentration (MEC). Another
parameter taken into account was the Toxic Risk Index (TRI), which permitted identification
of the sample collection stations running the highest risk of toxic effect of heavy metals
on water organisms. At the last stage, the multidimensional statistical methods were used
to identify the river sections of similar contents of heavy metals in bottom sediments and
to expose potential sources of contamination. Moreover, the content of heavy metals in
bottom sediments was analyzed in relation to the hydrological conditions in the years 2016
and 2017, as well as the structure of land use in the land zone adjacent to the river, above the
sampling site. It was expected to show if the content of heavy metals was increasing down
the river.

2.3.1. General Characterization of the Content of Heavy Metals in the Warta River
Bottom Sediments

To characterize the contents of the metals Cr, Ni, Cu, Zn, Cd, and Pb in the Warta River
bottom sediments, the mean concentrations of the metals, their minimum and maximum
values and median were calculated. The calculations were performed for 2016 and 2017
separately and jointly for the two years. For each metal, the percentiles were found (1%,
5%, 10%, 25%, 50%, 75%, 90%, 95%, and 99%). The data on the concentrations of Cr,
Ni, Cu, Zn, Cd, and Pb were analyzed to establish the type of the values distribution,
the presence of divergent results and the character of their variation. The distributions of
Cr, Nji, Cu, Zn, Cd, and Pb concentration were characterized by performing one-sample
Kolmogorov-Smirnov test (K-S). The divergent results in the analyzed data set were
detected with the Grubbs—Beck (G-B) test. As the distributions of concentrations of all
heavy metals considered differed from the normal distribution, in further analysis the
nonparametric methods were applied. The Kruskal-Wallis (K-W) test and Dunn’s test,
as a post-hoc procedure, were used to find out the possible differences in the median
values of concentrations of particular metals between 2016 and 2017. The variations in the
concentrations of Cr, Ni, Cu, Zn, Cd, and Pb in the years 2016 and 2017 were characterized
on the basis of the range, interquartile range (IQR), median absolute deviation (MAD),
and quartile coefficient of dispersion (QCD). The correlations between the concentrations of
particular heavy metals in the bottom sediments were checked using the Spearman’s rank
correlation coefficient. The Grubbs—Beck (G-B) test, Kruskal-Wallis (K-W), and Dunn’s
test, Kolmogorov-Smirnov test (K-S) and Spearman’s correlation analysis were carried out
using the STATISTICA software version 13.1 (Statistica).

2.3.2. Geoaccumulation Index

The Geoaccumulation Index (Igeo) was first developed by Muller [35] and is used
to assess different pollution levels in bottom sediments and soils. The value of Igeo was
calculated from the following, Equation (1):

Igeo =logy[C;/1.5B;], 1)

where C; is the concentration of each heavy metal (HM) in the sediment (mg-kg~!) and B;
is reference geochemical background value of each HM.
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The following geochemical background values were adopted in this study: Cd—
0.5 mg-kg~!, Cu—6 mgkg !, Cr—5 mg-kg !, Fe—10,000 mg-kg !, Ni—5 mg-kg !, Pb—
10 mg-kg ! and Zn—48 mg-kg ! [38]. The factor 1.5 is used for correction of the possible
variability of the background data due to lithological conditions. On the basis of the Igeo
value, the level of pollution of the bottom sediments can be classified into six different
classes (Table 1) [39].

Table 1. Geoaccumulation Index (Igeo) classification.

Class Value Sediment Pollution
0 Igeo <0 no enrichment
1 O<Igeo <1 minor enrichment
2 1<Igeo <2 moderate enrichment
3 2<Igeo <3 moderately severe enrichment
4 3<Igeo <4 severe enrichment
5 4 <Igeo <5 very severe enrichment
6 5 <Igeo extremely severe enrichment

2.3.3. Enrichment Factor

Calculation of the Enrichment Factor (EF) allows differentiation of the sources of
metals, which can be natural or anthropogenic. EF is mostly used for quantification of the
human impact on the concentration of each HM in sediments [40]. The Enrichment Factor
describes the stabilization of sediments relative to reference elements, e.g., aluminum
(Al), iron (Fe), manganese (Mn), scandium (Sc), or titanium (Ti) [26,41]. In this study,
anthropogenic metal enrichment was measured by using iron (Fe) as a reference element.
The EF values were calculated as Equation (2):

EF; = (Ci/Cge) / (Bi/Bre), ()

where C; is the concentration of each HM in the sediment (mg-kg~!), Cg, is the concen-
tration of iron (Fe), B; is the reference geochemical background value of each HM, B, is
the reference geochemical background value of iron (Fe). On the basis of the obtained EF
values, bottom sediments can be classified into different classes presented in Table 2 [42].

Table 2. Enrichment Factor (EF) classification.

Class Value Sediment Pollution
0 EF <1 no enrichment
1 1<EF<3 minor enrichment
2 3<EF<5 moderate enrichment
3 5<EF <10 moderately severe enrichment
4 10 < EF <25 severe enrichment
5 25 < EF <50 very severe enrichment
6 50 < EF extremely severe enrichment

2.3.4. Pollution Load Index

The Pollution Load Index (PLI) was originally developed by Tommilson et al. [36]
to assess the extent of pollution status of the summarized heavy metals (HMs) in bottom
sediments. The PLI is calculated as follows Equation (3):

e

PLI = (CFilX CFiZ X ... X CFin) ’ (3)

where n is the number of heavy metals and CF is a contamination factor defined for
each studied heavy metal, which is one of the most recognized and effective tools in
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monitoring the heavy metal concentrations. The value of CF was calculated from the
following Equation (4) [43]:
CF; = Gi/B;, 4)

where C; is the concentration of each HM in the sediment (mg-kg!) and B; is the reference
geochemical background value of each HM.

On the basis of the PLI, the Warta River bottom sediments can be classified into two
classes: no pollution (PLI < 1) or pollution (PLI > 1).

2.3.5. Metal Pollution Index

The Metal Pollution Index (MPI) is a presentation of all metal concentrations in
sediments as a single value, overcoming the difficulties with application and understanding
statistical analysis [44]. To compare the total content of all heavy metals at different sample
collection stations, the MPI was calculated from Equation (5):

Bl

MPI — (Cﬂx CIZ X ... X Cln) 7 (5)

where C; is the concentration of each HM in the sediment (mg-kg™!) and n is the number of
heavy metals considered.

2.3.6. Ecological Risk Assessment

In order to assess the ecological risk of the impact of heavy metals on aquatic organisms
the ecotoxicological criteria were applied. Assessment of the potential toxic effects of
heavy metals accumulated in bottom sediments was made on the basis of TEC, MEC and
PEC values [37]. The Threshold Effect Concentration (TEC) value is defined as the limit
below which no harmful effects on aquatic organisms are expected, the Probable Effect
Concentration (PEC) marks the limit above which a toxic effect on aquatic organisms
can be expected. The Midpoint Effects Concentrations (MEC) is the mean of TEC and
PEC limits. On the basis of the method proposed by MacDonald et al. [37], four levels
of bottom sediment pollution and their impact on organisms have been distinguished
(Table 3). According to the adopted methodology, the sediments classified as level I, II,
I (<PEC) may cause sporadic harmful effects on organisms, while the sediments at level
IV (>PEC) often have harmful effect on living organisms. It is assumed that the sediments
are classified as harmful to living organisms when PEC calculated for at least one analyzed
heavy metal in the sediments exceeds the limit value.

Table 3. Ecotoxicological criteria for assessing the quality of bottom sediments using the Threshold
Effect Concentration (TEC), Midpoint Effect Concentration (MEC), and Probable Effect Concentration
(PEC) values (mg~kg*1).

HMs Level I Level 11 Level III Level IV
(< TEC) (>TEC < MECQ) (>MEC < PEQ) (>PEC)
Cd <0.99 0.99-3.0 3.0-5.0 >5.0
Cr <43 43-76.5 76.5-110 >110
Cu <32 32-91 91-150 >150
Ni <23 23-36 3649 >49
Pb <36 36-83 83-130 >130
7/n <120 120-290 290-460 >460

2.3.7. Toxic Risk Index

Toxic Risk Index (TRI) was introduced by Zhang et al. [45] to assess potential integrated
toxic risk caused by heavy metals to aquatic organisms. The TRI values calculated on the basis
of the threshold (TEC) and probable (PEC) effect concentrations of heavy metals are presented
in Table 2. The TEC and PEC values have been successfully used to assess ecological risk in
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many previous studies concerning rivers, lakes and reservoirs sediments [23,45,46]. The Toxic
Risk Index is calculated according to the following Equation (6):

TRI = Y " | TRL= {[(C;/TEC;)* + (Ci/PEG;)?]/2) 2, ©)

where n is the number of HMs, C; is the concentration of each HM in the sediment
(mgkg1), TEC; is the threshold effect concentration of each HM, PEC; is the probable
effect concentration of each HM, and TRIj is the toxic risk index of each HM. The toxic risks
are classified into five categories based on the obtained TRI values [47] (Table 4).

Table 4. Toxic Risk Index (TRI) classification.

Class Value Toxic Risk
0 TRIL5 no toxic risk
1 5<TRI< 10 low
2 10<TRI< 15 moderate
3 15<TRI <20 considerable
4 20 < TRI very high

2.3.8. Analysis of Spatial Variability of the Heavy Metal Content in the Warta River
Bottom Sediments

Cluster analysis (CA) was applied to distinguish the groups of the sample collection
stations at which the bottom sediments samples revealed similar contents of heavy metals.
The grouping was performed by the Ward method assuming the square of Euclidean
distance as a measure of similarity. The division of sample collection stations into groups
and subgroups was made assuming the limits of Djjk.Dinik max. 100% at 66% and 25% [48].
For the groups and subgroups the mean heavy metal concentrations and median were cal-
culated. The differences in heavy metal concentrations between the groups and subgroups
were analyzed by the nonparametric Kruskal-Wallis (K-W) test and Dunn’s tests as post
hoc procedures. The cluster analysis (CA) was carried out using STATISTICA software
(version 13.1, StatSoft, Krakow, Poland).

The types of land use were established for the zone adjacent to the river of 600 m
in width. Taking into account great differences in spatial concentration of heavy metals,
independent of the km of the river course, the land use character was analyzed separately
at the distances of 1, 2, 3, 4, and 5 km from the sample collection station (Figure 2).
The structure of land cover in the zone adjacent to the river was analyzed using the ArcGIS
software and Buffer function.

600 m
SAMPLING
POINT

Figure 2. Scheme of land cover analysis.
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2.3.9. Linear Interpolation

Point representation of the data on the contamination with heavy metals does not permit
presentation of the changes taking place along the river course in a continuous way. However,
on the basis of the point data a linear interpolation was performed to make a graphic presenta-
tion of the distribution of heavy metal contamination in the form of raster graphics of pixel
resolution of 100 m. The linear interpolation can be described by Equation (7):

G = ((Cx - Cy) /ny) Pxi t Cx, (7)

where C; is the concentration of each HM in the sediment (mg-kg_l) in the cell, Cx—
the concentration of each HM in the sediment (mg-kg~!) at the point of measurement
below a reference localization along the river course, pxy—the number of pixels of a
certain spatial resolution between the points of measurements, py;—the number of pixels
between the point of measurement below along the river course and the reference point
(Figure 3). The linear interpolation was performed in the ArcGIS software (10.7 version,
ESRI, Redlands, California, CA, USA).

Cy

Figure 3. Scheme of linear interpolation developed in this study.

3. Results
3.1. General Characterization of Heavy Metal Concentrations

The concentrations of Cd, Cr, Cu, Ni, Pb, and Zn in the samples of the Warta River bottom
sediments measured in 2016 and 2017 at particular sample collection stations are presented in
Table 5, with reference to the values of TEC, MEC, and PEC. The concentrations of individual
metals in the river bottom sediments varied in the following ranges: Cd: 0.03-14.50 mg-kg~*,
Cr: 0.78-193.0mg-kg !, Cu: 0.40-116.0 mg-kg !, Ni: 0.56-36.7 mg-kg !, Pb: 1.0-144.0 mg-kg
and Zn: 0.50-519.0 mg-kg ! (Tables 5 and 6). Analysis of the data set with the Grubbs—Beck
(G-B) test revealed a number of deviating results. In 2016 the deviating observations included
the concentrations of Cd at site numbers 19, 20, and 23, and the concentrations of Cu and Pb at
site 23. In 2017, the deviating observations were the concentration of Cr at site 1 and that of
Pb at sites 1 and 24. Analysis of the concentrations of Cd, Cr, Cu, Ni, Pb, and Zn proved that
they showed mostly a logarithmic-normal distribution, only the concentrations of Ni in 2016
showed a normal distribution.
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Table 5. Concentrations of heavy metals in the bottom sediments of Warta River (mg-kg~!) in 2016 and 2017 on the
background of ecotoxicological criteria.

HMs
No. Cd Cr Cu Ni Pb Zn
2016 2017 2016 2017 2016 2017 2016 2017 2016 2017 2016 2017
1 0.37 0.53 193.00 152.00*  23.20 36.98 22.20 16.80 27.00 106.00 * 168.00 234.00
2 0.52 0.47 4.32 0.78 0.40 2.93 2.84 0.77 12.00 5.99 200.00 168.50
3 0.13 0.03 17.40 6.26 0.40 6.12 10.30 5.99 16.00 6.32 132.00 55.79
4 2.62 1.04 41.40 25.05 39.10 20.07 28.60 16.66 69.00 41.66 440.00 207.50
5 0.05 0.31 37.00 4.12 6.50 14.30 13.10 3.21 15.00 27.90 58.90 31.20
6 0.05 0.17 12.60 6.57 1.16 5.12 15.90 10.11 6.00 6.26 73.10 48.48
7 0.05 0.12 5.75 4.20 0.91 4.49 12.40 247 1.00 3.32 11.10 13.52
8 0.05 0.19 39.30 7.33 3.09 7.48 14.40 6.23 16.00 7.72 0.50 29.84
9 0.05 0.03 19.60 3.46 4.55 1.42 9.96 3.76 12.00 191 40.80 24.31
10 0.05 0.03 52.20 2.90 8.28 2.40 21.90 247 34.00 2.13 64.60 19.62
11 0.21 0.06 39.40 3.46 7.74 3.79 18.60 2.58 27.00 4.35 22.80 21.11
12 0.61 0.31 64.50 13.79 11.20 6.91 19.70 6.36 43.00 10.30 84.20 55.35
13 0.05 0.54 33.30 1.41 2.54 7.30 13.80 1.09 15.00 2.94 0.50 6.09
14 2.16 0.44 86.30 15.23 23.80 8.69 16.60 3.88 27.00 9.12 170.00 46.45
15 0.96 0.29 63.10 7.11 21.00 3.52 18.40 1.94 26.00 6.90 153.00 25.67
16 0.05 1.15 6.60 3.17 0.40 11.92 1.48 1.65 2.00 3.90 19.80 9.05
17 1.56 0.05 100.00 4.68 83.80 4.82 20.20 1.93 85.00 5.95 327.00 14.44
18 047 2.00 27.40 24.40 10.20 24.34 8.92 7.49 17.00 21.38 78.60 97.10
19 4.22 * 3.23 69.60 35.89 52.60 21.77 23.20 6.86 45.00 21.39 296.00 95.61
20 6.46 * 3.52 81.30 40.26 58.30 39.00 21.60 16.60 52.00 31.81 283.00 173.50
21 0.71 0.67 56.90 10.66 12.30 10.17 24.90 4.58 34.00 10.18 74.70 38.67
22 1.70 0.12 27.00 2.12 38.20 9.60 7.36 0.56 19.00 4.12 88.90 19.02
23 14.50 * 117 184.00 * 21.33 116.00 16.11 36.70 6.61 144.00 * 16.22 519.00 67.95
24 0.05 0.12 3.20 6.56 9.00 13.55 1.30 1.91 10.00 90.47 * 11.30 95.45

*-deviating values, Ecotoxicological criteria for assessment of the lakes quality using TEC, MEC, and PEC values: X—level 1, X—level 2,
X—level 3, X—level 4.

Table 6. The characteristic concentrations of heavy metals (mg.kg~!) in the Warta River bottom sediments in 2016 and 2017.

Period 2016 2017 2016/2017
HMs Cd Cr Cu Ni Pb Zn Cd Cr Cu Ni Pb Zn Cd Cr Cu Ni Pb Zn
Minimum 0.05 320 040 1.30 1.00 0.50 0.03 0.78 142 056 191 609 003 078 040 056 1.00 0.50
Mean 157 527 223 16.0 314 138 0.69 16.8 11.8 552 187 666 113 347 170 108 250 102
Maximum 14.5 193 116 36.7 144 519 35 152 39.0 168 106 234 14.5 193 116  36.7 144 519

1% 005 320 040 1.30 1.00 0.50 0.03 0.78 142 056 191 609 003 078 040 056 1.00 0.50
5% 0.05 432 040 1.48 2.00 0.50 0.03 141 240 077 213 905 003 212 040 109 200 @ 6.09
10% 005 575 040 2.84 6.00 11.1 0.03 212 293 109 294 135 005 317 116 148 294 111
25%  0.05 185 282 10.1 13.5 31.8 0.12 3.46 466 194 424 204 005 522 414 271 6.13 220
Percentile 50% 042 393  9.60 16.3 22.5 81.4 0.31 6.57 809 38 731 426 034 185 885 821 155 617
75% 1.63 671 310 21.8 38.5 185 0.86 18.3 152 674 214 955 110 408 214 167 299 161
90%  4.22 100 58.3 249 69.0 327 2.00 35.9 243 166 417 174 323 863 391 222 690 283
95%  6.46 184 83.8 28.6 85.0 440 3.23 40.3 370 167 905 208 422 152 583 249 905 327
9%  14.5 193 116 36.7 144 519 3.52 152 39.0 168 106 234 14.5 193 116 36.7 144 519

Range 14.5 190 116 35.4 143 519 3.5 151 376 162 104 228 14.5 192 116 36.1 143 519
IOR 158 48.6 282 11.6 25.0 153 0.74 14.8 106 480 172 752 105 356 172 140 237 139
MAD 037 245 895 5.80 11.0 70.2 0.24 3.88 443 229 370 245 029 150 584 627 113 420
QCD 094 057 083 0.36 0.48 0.71 0.75 0.68 053 055 067 065 091 077 068 072 066 076

On the basis of the measured concentrations of individual metals, their minimum,
maximum mean values and median were calculated. Moreover, for each metal considered,
the percentile values were found (Table 6). The calculations were made separately for 2016
and 2017 as well as for the two years together. The mean concentrations of heavy metals
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in the Warta River bottom sediments in 2016 and 2017 can be ordered as Zn > Cr > Pb >
Cu>Ni>Cdand Zn > Pb > Cr > Cu > Ni > Cd, respectively. The mean concentrations of
all heavy metals considered were higher in 2016 than in 2017. Analysis of the differences
between the medians of heavy metal concentrations in the bottom sediments in 2016 and
2017 performed by the nonparametric Kruskal-Wallis test proved that the differences were
statistically significant for Cr, Ni, and Pb at the level of 0.05, while for Zn — at the level of
0.10. For Cd and Cu, the differences were statistically insignificant.

In 2016 the concentrations of Cr showed the highest variation, while in 2017—the
concentrations of Pb. When considering the two years together, the highest variations were
noted for the concentrations of Cd and Zn, while the lowest was for Ni. The variations of
Cd, Cr, Cu, Ni, Pb, and Zn concentrations in 2016 and 2017 are presented in the form of vio-
lin plots (Figure 4), which clearly reveals the considerable variation of the concentrations of
the analyzed metals as well as the fact that in 2016 the heavy metal concentrations showed
greater variation than in 2017. Moreover, the mean concentrations of individual heavy met-
als (marked in Figure 4 as a square) were higher than the corresponding medians (marked
as a cross). These results confirm the earlier results proving the right skewed distributions
of Cd, Cr, Cu, Nji, Pb, and Zn in the Warta River bottom sediments. The exceptions are
the concentrations of Ni in 2016, whose mean values and medians are close, indicating the
normal distribution of concentrations.

3.2. Assessment of the Contamination of the Warta River Bottom Sediment

As follows from the calculated Igeo index values, the river bottom sediments were
more contaminated in 2016 than in 2017. The highest contribution to the bottom sediments
contamination with heavy metals in 2016 brought chromium; from among 24 samples,
for six, the values of the Igeo index for Cr indicated heavy contamination, while for two
samples—very heavy contamination. For two samples, the values of Igeo for Cd and Cu
were in the range of heavy contamination, while for one sample Igeo for Pb indicated heavy
contamination. At sample collection stations 14 and 24, the values of Igeo for all analyzed
heavy metals were lower than zero, which points to no contamination of the bottom
sediments, (Figure 5a). The highest level of contamination was detected for the bottom
sediments at sample collection station 23, with Igeo for Cd, Cr, Cu, and Pb indicating
heavy and very heavy contamination. In 2017, the general level of contamination with
heavy metals was lower. Only at station 1, the Igeo value for Cr indicated very heavy
contamination. For three samples collected at stations 19, 20, and 24 in the lower course
of the Warta River, the Igeo values were higher than 2, which corresponds to moderate
contamination of the bottom sediments (Figure 5b).
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Figure 4. Variation of the concentrations of (a) Cd, (b) Cr, (c) Cu, (d) Ni, (e) Pb, and (f) Zn in the Warta River bottom
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Figure 5. Geoaccumulation Index (Igeo) in bottom sediments of the Warta River in 2016 (a) and 2017 (b).

Analysis of the EF index data also revealed the heaviest contamination of the Warta
River bottom sediments with Cr. In 2016, the values of EF calculated for Cr indicated
higher than average contamination of the river bottom sediments (Figure 6).
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Figure 6. Enrichment Factor (EF) in bottom sediments of Warta River in 2016 and 2017.

The EF values calculated for Cd and Cu signaled the heavier contamination of the
bottom sediments in the lower course of the Warta River. In 2016 for Ni the highest EF
were obtained for the bottom sediments from the middle course of the river, while for Pb a
similar level of contamination was noted along the whole course of the river. According
to EF data, the poorest contamination of the bottom sediment was observed with Zn;
only in the upper course of the river at a few sample collection stations elevated EF values
were calculated (Figure 6). The elevated EF values found for almost all heavy metals
considered along the whole river course imply that the contaminants come mainly from
local point sources. In 2017, the EF values for Ni, Pb, and Zn were at a level indicating poor
contamination of bottom sediments with these elements, however, the EF values for Cd, Cr,
and Cu were higher, indicating above average contamination with these metals.

The calculated PLI values in the period 20162017 varied from 0.25 to 16.93. The mean
PLIvalues calculated for the years 1016 and 2017 were 3.32 and 1.46, respectively. According
to the PLI values analysis for the concentrations of all heavy metals jointly, the river bottom
sediments were highly contaminated at 15 of the 24 sample collection stations in 2016
(Figure 7a), and at 11 of the 24 stations in 2017 (Figure 7b). At 17 sample collection stations,
the PLI values decreased in 2017 relative to those in 2016, while only at seven stations
did the PLI values increase in 2017. Particular attention should be given to the increase in
the value of PLI at station 24 in 2017, relative to the value determined in 2016. In general,
PLI values indicate the heaviest contamination of the bottom sediments in the low course

162



Minerals 2021, 11, 327

24

of the river. In 2017, in the upper and middle course of the river, the data indicate the
scattered character of contamination, suggesting its origin from point sources.
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Figure 7. Classes of Pollution Load Index (PLI) in bottom sediments of the Warta River in 2016 (a) and 2017 (b).

A similar picture of contamination of the Warta River bottom sediments with heavy
metals emerges from the analysis of MPI values, pointing generally to a reduced level of
contamination in 2017. The mean value of MPI in 2016 was 10.7 higher than that obtained
in 2017. According to MPI analysis, in 2017 (MPI > 15) the highest contamination was
noted at stations 1, 4, 18, 19, and 20. In 2016, the MPI values were higher than 15 at 11 of
the 24 stations: 1, 4, 10, 12, 14, 15, 17, 19, 20, 21, 22, and 23 (Figure 8).
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Figure 8. Comparison of Metal Pollution Index (MPI) in bottom sediments of Warta River in 2016
and 2017.

3.3. Toxic Effect of Heavy Metals

Analysis of the potential effect of heavy metals accumulated in the Warta River bottom
sediments on aquatic organisms was performed according to the procedure proposed by
MacDonald et al. [37]. It showed that in 2016 the PEC limits were exceeded at two sample
collection stations: station 1 for Cr and station 23 for Cd, Cr, Pb, and Zn. In the vicinity of
these stations, a harmful effect on living aquatic organisms is predicted (Figure 9). In 10 of
the 24 stations, numbers 5, 6, 7, 8, 9, 11, 13, 16, 18, and 24, the concentrations of all heavy
metals considered were lower than the TEC limit, which points to no harmful effect related
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to the presence of these elements in the river bottom sediments. At the other stations,
the content of heavy metals in the river bottom sediments indicates sporadic toxic effect
on aquatic organisms, at seven stations the heavy metal concentrations were above the
TEC limit but below the MEC limit, while at five stations they were below the MEC limit.
In 2017, only at station no. 1, the concentration of Cr was higher than the PEC limit, whereas
at 15 stations, the concentrations of Cd, Cr, Cu, Ni, Pb, and Zn were lower than the TEC
limit. At five sample collection stations, the river bottom sediments were contaminated
with heavy metals at level II, according to the classification introduced by MacDonald
et al. [37], while at three stations—at level III, which implied sporadic toxic effect on aquatic
organisms. In general, the highest toxic threat to aquatic life had the high concentration of

Cr and at some sites the concentrations of Cd, Pb, and Zn.
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Figure 9. Ecotoxicological criteria for assessing the lakes quality using TEC, MEC, and PEC values in bottom sediments of

Warta River in 2016 and 2017.

The values of TRI in 2016 varied from 0.37 to 23.77, with the mean value of 4.60.
In 2017, TRI varied from 0.37 to 8.06, with the mean value of 2.04. Assessment of the
potential toxic effect of heavy metals accumulated in the Warta River bottom sediments
in 2016 indicated a small effect on aquatic life at the sample collection stations 1, 4, 14, 17,
and 19. According to TRI, only at stations 20 and 23 a possible moderate and very strong
effects, respectively, on aquatic organisms could occur (Figure 10a). In 2017, only at two
stations, 1 and 20, were the values of TRI 8.06 and 6.42—so high enough to indicate a

possible small toxic effect on aquatic life (Figure 10b).
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Figure 10. Toxic Risk Index (TRI) in bottom sediments of Warta River in 2016 (a) and 2017 (b).

3.4. Spatial Analysis of Contamination of the Warta River Bottom Sediments with Heavy Metals

Cluster analysis was performed separately for the data for 2016 and 2017 (Figure 11a,b).
The cluster analysis of the data from 2016 revealed two groups of stations at which the
bottom sediment samples were characterized by similar concentrations of Cd, Cr, Cu,
Pb, Ni, and Zn. Group 1 included 19 sample collection stations; the bottom sediment
samples collected at them showed lower concentrations of Cd, Cr, Cu, Pb, Ni, and Zn
than the samples collected at group 2 of stations. The differences between the medians of
concentrations of Cd, Cr, Cu, Pb, Ni, and Zn calculated for groups 1 and 2 were statisti-
cally significant at the level of 0.05. The stations from group 1 were subdivided into two
subgroups 1-1 and 1-2. The samples collected at the stations 1-1 were characterized by
higher concentrations of all heavy metals considered than those collected at the stations
1-2. The differences were statistically significant at the level of 0.05. Group 2 included only
five stations, of which four were localized in the low course of the Warta River, below the
city of Poznan, the largest city on the river. On the basis of the data for 2017, the sample
collection stations were also divided into two groups. Group 1 included seven stations,
at which the samples of bottom sediments contained higher concentrations of all heavy
metals considered than those collected at the stations from group 2. The differences were
statistically significant at the level of 0.05. In 2017, the stations of group 1 included four
stations, numbers 4, 19, 20, and 23, classified to group 2 in 2016. Moreover, three stations
(no. 1, 18, and 24) were classified as those at which the bottom sediment samples showed
the strongest contamination with the heavy metals studied. Similarly as in 2016, the stations
at which the bottom sediment samples contain the greatest amounts of heavy metals were
in the low course of the river, except stations 1 and 4, at which probably the effect of local
anthropogenic sources of contamination was reflected. It should be mentioned that the
samples collected at the stations from group 2 were characterized by greater variation of
the heavy metals concentrations than those collected at the stations from group 1; however,
the highest concentrations of heavy metals were found in the samples collected at stations
1 and 24.
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Figure 11. Division of sample collection stations into groups as a result of cluster analysis: in 2016 (a) and 2017 (b).

3.5. Linear Interpolation

The main limitation of point measurements is the lack of possibility of presentation of
changes in the heavy metals concentrations over the whole length of the river. On the basis
of the concentrations determined at the stations, a linear interpolation was performed to
obtain a graphical presentation of the contamination with heavy metals along the whole
course of the river. Figure 12 presents the variation in the concentration of lead (Pb) along
the river section between stations 22 and 24. Considering the results of the interpolation
over this section it is apparent that the concentrations of lead in 2016 and 2017 were
significantly different along the whole section, which implies that their negative effects
can be significant not only near the sample collection stations, but also along the sections
not subjected to monitoring. Linear interpolation of the data along the course of the river
reveals important information both for identification of new sources of contamination and
for making decisions on activities aimed at limitation of a given type contamination on
the environment.
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Figure 12. Linear interpolation of Pb concentration between sample collection stations 22-24.

4. Discussion

According to the hitherto studies, the content of heavy metals in river bottom sed-
iments is related to the terrain relief of the catchment area, hydrological conditions and
anthropogenic activity in the catchment area, including the type of land use. Analysis of
the data from a two-year period of monitoring the content of heavy metals (Cd, Cu, Nij,
Zn, Fe, Pb, Cr, and Mn) in the mouths of the rivers revealed no seasonal changes and no
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relations to tides. The observed high content of heavy metals in the form of particles was
probably a result of anthropogenic pressure [49]. Zhou et al. [50] determined the content of
main and trace elements in bottom sediments of 26 large rivers in south China and on the
basis of EF data analysis they concluded that high concentrations of As, Cd, Hg, Mn, Mo,
Pb, and Zn in the majority of the rivers studied were strongly related to the natural factors,
in particular to geological conditions. Le Gall et al. [51] analyzed the contamination of
bottom sediments of the river Seine on the basis of determination of stable isotopes of lead
and EF index. Their conclusion was that the contamination of the river bottom sediments
below Paris was mainly caused by point influx from urbanized areas [51]. According to the
results presented in our paper, the concentrations of some heavy metals in the Warta River
bottom sediments show high variation over the period of the two years studied, 2016 and
2017. This character of results collected in two subsequent years may indicate a significant
effect of point sources of contamination from urbanized areas on the heavy metal contents
as in such a short period of time the type of land use was unchanged (Figure 13).
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Figure 13. Land cover analysis.

The results presented in this paper corroborate the conclusions drawn by Li et al. [52],
who have identified the industrial activities as the largest contributor (48.0%) of heavy
metals to the river-lake sediments, followed by the agricultural activities (27.3%) and mix
sources (24.7%). Zeng et al. [46] have shown that heavy metal concentrations in the central
city in a given area were generally higher than those in other areas. Heavy metals in
sediments pose a considerable ecological risk. The main contributors to the contamination
with heavy metals were Hg and Cd whose presence posed the highest potential ecological
risk in the central city. According to Custodio et al. [53], the rivers of the Mantaro River
watershed are exposed to contamination by heavy metals and metalloids from natural and
anthropogenic sources; among the latter, the mining metallurgical industry, agricultural
activity, and manufacturing industry are the main sources. One of the key variables affect-
ing the heavy metals release from sediments are also hydrometeorological conditions [54].
River fluvial process depends on flow rate value, so flash floods and low flows also have
impact on HMs concentration. According to Li et al. [54]. The flow rate significantly
affected the release amount of Zn, Pb, and Cr, while it slightly affected the concentration of
Cu and Cd.

Sojka et al. [23] have shown that the high values of Igeo, EF, PLI, and MPI in the
samples collected at particular stations may indicate the anthropogenic origin of the heavy
metal contamination and the influx of heavy metals from point sources. Bing et al. [47]
have suggested that local anthropogenic activity increases the concentration of certain
heavy metals in the river bottom sediments, in particular in the upper courses of the rivers.
Saleem et al. [55] have reported a relatively high level of heavy metals at the sites close to
large cities and towns. The results presented in this paper confirm the earlier observations
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indicating a significant effect of urbanized areas on the level of contamination with heavy
metals in the river bottom sediments. This conclusion implies the necessity of looking for
new solutions supporting monitoring and aimed at protection of water resources along
the whole course of the river, e.g., with the use of GIS tools. New approach to classical
interpolation method which that takes into account the curvature of the river was never
presented regarding to HMs contamination. This interpolation method allows to receive
accurate information on the status of the whole courses of the rivers not only at single
sample points. The solution proposed in this paper permits analysis of the changes in
the river bottom sediments along the whole course of the river, which is essential for
identification of potential sources of contamination and for taking up actions aimed at
limitation of the effect of such sources. The main limitation of the method proposed is the
fact that it is based only on point measurements, disregarding a variable related to the land
use, e.g., the effect of urbanized areas.

5. Conclusions
The above presented results and their analyses permit drawing the following conclusions:

e As shown by the results of analysis of Igeo, EF, PLI, and MPI values, the level of
contamination of the Warta River bottom sediments with heavy metals was higher in
2016 than in 2017.

e  According to the assessment of the potential toxic effects of heavy metals accumulated
in bottom sediments made on the basis of TEC, MEC, PEC, and TR, the ecological
risk related to the presence of heavy metals in the river bottom sediments was much
lower in 2017 than in 2016.

e  Cluster analysis permitted distinction of two groups of the sample collection stations
at which bottom sediments showed similar chemical character. Changes in the clas-
sification of particular stations to particular groups indicated that the concentration
of heavy metals in the Warta river bottom sediments is mainly related to the point
sources of contamination in urbanized areas and connected with river fluvial process.

e Inview of the necessity of taking up measures aimed at protection of water resources,
it is vital to find methods providing the possibly most accurate information on the
status of the whole courses of the rivers not only at their certain points. The solution
proposed in this paper permits analysis of the changes in the river bottom sediments
along the whole course of the river, which is essential for identification of potential
sources of contamination and for taking up actions aimed at limitation of the effect of
such sources. The main drawback of the method proposed is the fact that it is based
on point measurements, disregarding a variable related to the land use, e.g., the effect
of urbanized areas.
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Abstract: The contamination of aquatic sediments by metals is a worldwide phenomenon and
its assessment is a fairly complex issue, as numerous factors affect the distribution of particular
contaminants in the environment, as well as their bioavailability. Wigry Lake, as the object of this
study, is almost a perfect water body for such considerations. It has been well investigated and densely
sampled (up to 459 sediment samples). The quantities of seven metals were determined using the
atomic absorption spectrometry (AAS) or inductively coupled plasma (ICP)-MS methods, following
previous extraction in a microwave oven. The levels of concentration of the examined elements were
as follows (min-max (mg-kg~1)): Cd—0.003-3.060; Cr—0.20-22.61; Cu—0.02-59.70; Fe—80-32,857;
Mn—18-1698; Pb—7.0-107.5; Zn—3.1-632.1. Significant differences were also registered in terms of
particular metal concentrations in different sediment types found at the lake bottom. Five different
geochemical backgrounds and sediment quality guidelines implemented in the study enabled a very
scrupulous contamination assessment of the lake sediments’ condition, as well as the evaluation of the
natural and anthropogenic contribution to the enrichment of examined sediments in metals. Although
Wigry Lake is situated in a pristine region, it is still subject to anthropopressure, which seems to be
the lowest in respect to Cr and Mn, while the highest in the case of Pb. The chemoecological state
of the lake was ultimately assessed as good. The study highlighted the necessity of an integrated
approach to the assessment of contamination or pollution in the course of an environmental research.

Keywords: lacustrine sediments; metals; geochemical mapping; spatial distribution; contamination
assessment; environmental risk assessments; sediment quality guidelines

1. Introduction

Metals are native elements, which can be found in the earth’s crust, but environmental
contamination or pollution is generally connected with anthropogenic activity, such as
mining and smelting, agriculture, industry (especially energy production and distribution,
plastic, textile, microelectronic, and wood industries) or sewage effluents [1]. Some metals
(such as Co, Cu, Cr, Fe, Mg, Mn, Mo, Ni, Se, Zn) are essential for living organisms, playing
the role of microelements, but become toxic while applied in higher doses [2,3]. Others
seem to be neutral, or their biological role is unknown, while some elements (e.g., Hg, Pb)
are considered biologically useless and harmful in all concentrations [3-5]. It is also worth
noting that the biological role of some metals, previously considered only harmful, has
now been recognized. An example of such an element is cadmium [6].

The term “heavy metals”, although commonly used in science, is ambiguous, as it is
defined in terms of different properties, such as density, atomic number, or relative atomic
mass [7-10]. In environmental sciences, heavy metals are identified as toxic, ecotoxic, or
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hazardous elements, including some metalloids as well, e.g., arsenic. This term is also
often used synonymously with “trace metals” or “trace elements” [8,9,11-13]. Ali and
Khan [10] recently proposed a new definition of the term “heavy metals” as ‘naturally
occurring metals having an atomic number (Z) greater than 20 and an elemental density
greater than 5 g-cm~%’; however, this “semantic problem” still seems to be unresolved.
The authors therefore decided to avoid the term “heavy metals”, using instead some more
neutral forms, such as metals, elements, or simply their names, as suggested by Chapman
and Holzmann [14].

Soil and water environments are particularly susceptible to the accumulation of
metals [3]. In aquatic environments, metals dissolved in water (as the most assimilable for
living organisms) are usually quickly removed through sorption (physical, chemical, or ion
exchange-based) on solid particles of suspended matter, or by precipitation and bonding
in the structure of minerals. Finally, such elements are accumulated in sediments, thus
becoming much less hazardous, but they may be, however, released again in the event
of unfavorable environmental conditions [15-19]. The accumulation of metals in aquatic
sediments depends on many variables, e.g., the geological character of the catchment and
its development, or morphometric and hydrologic characteristics of a particular water
body. One of the key factors is the chemical and granular composition of deposits [15],
wherein the most important contributors, which facilitate the accumulation of metals in
aquatic deposits, are: organic matter, clays, Fe/Mn oxides, sulfides [20-24], and the small
size of sediment particles [25-28]. All of these factors also affect the bioavailability of
hazardous substances bonded in the sediment matrix, including metals. Bioavailability
is further dependent on physiochemical conditions (pH, redox gradient, salinity, water
hardness, temperature), chemical and physical speciation of metals, some processes that
may take place within the sediment (resuspension, deposition, pore water convection),
route of exposure, and finally on the properties of living organisms exposed to harmful
chemicals [29-35]. The most important factors, which influence the bioavailability of metals,
are the potential of hydrogen (pH) and the redox potential (Eh) [35].

As the presence of metals in aquatic sediments may be considered quasi-persistent,
research on their concentration in that component may be a good indicator of the chemoe-
cological state of the particular water body, as well as of the historical contamination or
pollution. There are many indicators and criteria for the assessment of the condition of
sediments, which are used around the world. One of the first, and nowadays widely used
indicators, is the geoaccumulation index (Igeo), defined by Miiller [36]. Some other subse-
quently proposed indicators include, e.g., the contamination factor (C¢) and the degree of
contamination (Cq) [37] or enrichment factor (EF), primarily used in order to speculate on
the origin of some elements in the atmosphere, e.g., [38,39], but further adopted for soils,
e.g., [40,41], sediments, e.g., [42,43], rainwater, e.g., [44,45], bioindicators, e.g., [46], and
other environmental components [47]. Most of the indicators used in contamination or
pollution assessment refer to some background values; therefore, the establishment and
appropriate definition of the geochemical background seems to be a crucial, but also a
complicated issue [48]. Background values, understood as concentrations of particular
chemicals or elements naturally present in the environment, may be determined in many
ways [28,47-55]. Some researchers tend to compare their data with some “globally” defined
geochemical background, proposed, e.g., by Turekian and Wedephol [56], Hakanson [37],
or Taylor and McLennan [57], while others consider that any geochemical background
values should be determined locally. The main role of a geochemical background in envi-
ronmental research is to determine whether the studied area is anthropogenically affected
and whether we are dealing with the effect of contamination or pollution. Contamination
of a particular environment, by some chemical, means that concentration of that substance
is elevated when compared to the background value, whereas when adverse effects on
biota occur, the environment is considered polluted [58]. The geochemical background
does not provide any information on the influence of a given substance or element on
living organisms. Therefore, sediment quality guidelines (SQGs), which define certain
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critical threshold concentration values of selected chemicals associated with specifically
determined effects of biota, were provided. These include: threshold effect level (TEL;
concentration below which adverse effects are expected to occur only rarely) and probable
effect level (PEL; the concentration above which adverse effects are expected to occur
frequently) proposed by Smith et al. [59]. Those limit values were further adjusted by
MacDonald et al. [60] and proposed as threshold effect concentration (TEC) and probable
effect concentration (PEC).

Considering all of the above, Wigry Lake seems to be a perfect water body for the
analysis of environmental assessment issues, as it has been very well investigated in many
aspects, densely sampled and geochemically examined in terms of 7 metals: Cd, Cr, Cu,
Fe, Mn, Pb, and Zn. This article summarizes more than a decade of research conducted
on this lake and focuses on the concentration of metals in sediments. The main issues of
the article are as follows: (1) the description of the spatial distribution of metals in Wigry
Lake sediments in a geochemical and environmental context; and (2) the assessment of
contamination and evaluation of natural and anthropogenic contribution to the enrichment
of recent Wigry sediments in metals.

2. Materials and Methods
2.1. Study Area

Wigry (located in north-eastern Poland, at the area of Suwatki Lakeland—Figure 1)
is one of the most valuable Polish lakes, discovered for science only in the second half
of the 19th century [61]. Nevertheless, the lake, as well as its vicinity, quickly became
an object of interest for researchers from many fields of science and many papers were
published during the next century [62-73], including even Slavonic studies [74]. In 1998,
Wigry Lake, as the first in the world, was “adopted” by the International Association of
Theoretical and Applied Limnology [75]. More “contemporary” research on Wigry Lake
started in 1997, as a result of the passion and commitment of Professor Jacek Rutkowski,
professionally associated with the Polish Geological Society, the Polish Limnological So-
ciety, and the AGH University of Science and Technology [76], in cooperation with the
authorities and personnel of the Wigry National Park, as well as other scientists. During
more than two decades that followed, numerous studies were published in many fields,
such as hydrobiology [77-86], paleoclimatology, paleolimnology, isotopic investigations
and dating [87-94], limnology and sedimentology [95-102], and finally geochemistry and
environmental contamination, also with metals [103-114], which is further discussed in
more detail.

Wigry is a postglacial lake, typical of northern Poland, but it differs from other
water bodies in this region due to its interesting and complicated morphology with a
diversified coastline pattern, numerous islands, and shallows. The lake was finally formed
during Weichselian (Vistulian, Baltic) glaciation and may be divided into five main parts,
characterized by diverse bathymetry and a slightly different origin (of a furrow or morainic
type), which are usually separated by distinct shallows and narrowings of the lake basin
(Figure 1b). Wigry is also one of the biggest (water area: 21.2 km?; islands area: 0.68 km?;
capacity: 336.7 mIn m®) and the deepest (maximum depth: 73 m; mean depth: 15.8 m) lakes
in Poland. Wigry is fed and drained mainly by waters of the Czarna Haricza River, which
flows through the northern part of the lake. Other elements of the Wigry Lake water system
include several smaller lakes nearby, streams, springs, and precipitations [94,101,111].
Sediments of Wigry Lake have been extensively investigated and represent several types
of deposits, but with the vast majority being carbonate sediments. Profundal (60-75% of
the lake’s bottom) sediments, as the most homogeneous in this regard, are represented
by carbonate gyttja (CaCO3: 54-87%; organic matter: 8-30%; silt fraction: 95-99%), while
littoral sediments are more diverse. The most typical deposit present in the shallow
parts of the lake is lacustrine chalk (CaCOj3: 52-98%; organic matter: 2-7%; silt fraction:
41-72%). Other littoral deposits, which are found only locally, include clastic sediment,
i.e.,, sands and gravels (CaCOj3: 7-16%; organic matter: <1%; silt fraction: <1%), and
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organic gyttja, a specific variety of which is fluvial-lacustrine sediment present in the
mouth of the Czarna Harcza River (CaCOs: 3-14%; organic matter: 10-51%; silt fraction:
not determined) [95,97,98,101-103,107,110,114].
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Figure 1. Study area: (a) location of the study area (gray rectangle) on the map of Poland; (b) Wigry Lake photomap

(obtained courtesy of the Wigry National Park authorities) with the designation of five main parts of the lake (Wigierskie

Basin, Szyja Basin, Zakatowskie Basin, Bryzglowskie Basin, and Wigierki Bay) and other important zones (Czarna Haricza

River inflow, Czarna Harcza River outflow, Zadworze Bay, Cieszkinajki Bay, and Krzyzanska Bay); (c) bathymetry sketch of

the Wigry Lake bottom.

2.2. Sampling and Laboratory Research

Wigry Lake sediments were sampled during summer stagnation periods during more
than ten successive years (starting from 1997), ultimately resulting in the collection of over
1200 sediment cores of up to 1.5 m in length. Samples were collected from a motorboat
using a gravitational sampler, designed and constructed specifically for this research [115].
Sampling point locations were determined by GPS and their depths by echo-sounder
(model 381/382 by FURUNO Electronic Company, Nagasaki, Japan) or using a multi-
parameter water quality monitor (model 6920 by YSI Inc., Yellow Springs, OH, USA),
sometimes also using a calibrated pole (in the shallows). Adequately secured cores were
then transported to the laboratory of the Wigry National Park (Krzywe, Poland), sliced into
subsamples and subject to further analysis, including lithological and geochemical studies.
For the purposes of metal concentration analysis, the top 0-5 cm of the cores was separated
and dried and further analysis was conducted in the laboratory of the AGH University
of Science and Technology (Krakow, Poland). Homogenized samples were treated with a
mixture of 10 mL of 65% HNO3; (POCH, Poland) and 2 mL of 30% H,O, (Chempur, Poland)
and digested in a microwave oven (model MDS 2000 by CEM Corporation, Charlotte,
NC, USA). The extracted metals were determined using atomic absorption spectrometry
(AAS—model SP9 by PYE UNICAM, Cambridge, UK; Fe: limit of quantification (LOQ)—
60 pg-L~1, Mn: LOQ—27 pg-L~!, Pb: LOQ—10 ug-L~! and Zn: LOQ—1 pg-L~!) or using
an inductively coupled plasma induced mass spectrometer (ICP-MS—model HP 4500 by
Hewlett-Packard, Palo Alto, CA, USA; Cd: LOQ—0.16 p.g~L_1, Cr: LOQ—0.21 ug-L_1 and
Cu: LOQ—0.23 pg-L~1). In order to ensure high analytical quality, reagents were of the
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highest purity, reagent blanks were used, and reference material (LKSD-4) was analyzed,
additionally, using inductively coupled plasma atomic emission spectrometry (ICP-AES—
model Plasma 40 by Perkin-Elmer, Wellesley, MA, USA) (Table 1). The quality of the results
was evaluated through the analysis of variance by the Robust statistics method [116,117]
and estimated as very good.

Table 1. Concentrations of selected metals in the LKSD-4 reference material, determined using
different instrumental methods [113,114].

LKSD-4 * ICP-MS ICP-AES AAS
Metal
mg-kg~!

Cd 1.9 22+0.2 20+0.2 20+03
Cu 31.0 298 +1.7 285+ 1.6 30.5+ 2.6
Mn 420 412 +7.9 - 405 + 12
Pb 91 101 £3.8 99 +45 81.8 £ 5.1
/n 195 202 +£9.6 200 + 4.0 190 £ 11

* The LKSD-4 reference material is a mixture of sediments from the Big Gull Lake in Ontario and the Key and Sea
Horse Lakes in Saskatchewan and its main components are: SiO; (41.6%), organic matter (as LOI, 500 °C) (40.8%),
A1203 (5.90/0), F6203 (4.10/0), and CaO (1.80/0) [118]

2.3. Data Processing

Metal concentrations were determined ultimately for 162 (in case of Pb) to 459 (in
case of Fe) samples (Table 2), which gave a sampling density from about 8 to 22 per km?,
respectively. All samples were identified in terms of belonging to one of five deposit types
that can be found at the Wigry Lake bottom, i.e., lacustrine chalk, carbonate gyttja, fluvial-
lacustrine sediment, organic gyttja, and clastic sediment (characterized briefly above). Basic
statistical parameters were calculated with the use of STATISTICA software (ver. 13.3,
TIBCO Software Inc., Palo Alto, CA, USA) both for particular sediment types and for all
samples collectively (Table 2). The data was also statistically analyzed using principal
component analysis (PCA), in order to investigate the multivariate relationship between
the concentrations of metals and the type of sediments and the depth. Lead was excluded
from analysis, as its concentration values were in the majority determined on a separate
samples set from other metals. The PCA was therefore carried out on the basis of samples
containing information on the type of sediment, depth and the concentration of other
elements, i.e., Cd, Cr, Cu, Fe, Mn, and Zn, excluding those with incomplete data. This
ultimately resulted in a set of 177 samples taken for PCA, which was carried out with a
use of MATLAB software (ver. 8.2.0.701 (R2013b), The MathWorks Inc., Natick, MA, USA)
(Figure 2).

All maps were prepared with the use of the ArcGIS Pro software (ver. 2.6.3, ESRI Inc.,
Redlands, CA, USA). The bathymetry map (Figure 1c) and the maps of metal spatial distri-
bution (Figures 3a—9a) were created using an ordinary kriging procedure [119], which gave
the best interpolation results for the presented data and which has been described in more
detail previously [113,114]. The bathymetry map was based on depth data received during
“contemporary” Wigry Lake research (after 1997), while collecting sediment samples, and
gathered during the performance of seismoacoustic studies [96,99,100]. Similarly, maps
of spatial distribution of metals were based on data gathered for over a decade, starting
from 1997. Maps presenting Wigry Lake sediments mapped on the basis of geochemical
backgrounds (Figures 3b-9b) and sediment quality guidelines (Figures 5c-9c) were based
on particular metal spatial distribution maps (Figures 3a—9a) and appropriate threshold
values (Table 3). In the case of GB3, upper range limits were considered for analysis.

3. Results and Discussion

Characteristic of the Wigry Lake is the fact that particular types of its sediments
differ significantly in terms of their metal concentrations, and these differences (as mean
values) can even be several dozen-fold (Table 2). The least enriched with the analyzed
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elements is lacustrine chalk (for Cd, Cr, Cu, and Fe) or clastic sediment (for Mn, Pb, and
Zn), while the richest in metals is fluvial-lacustrine sediment. This observation has been
emphasized in previous studies concerning the Wigry Lake [103,106,111,112], but gathered
and summarized in detail only recently [113,114], which was possible due to the availability
of an abundant data set.

Table 2. Basic statistics for metal concentrations in different types of Wigry Lake sediments [113,114].

Lacustrine Carbonate Fluvial-lacustrine Organic Clastic All
Metal Chalk Gyttja Sediment Gyttja Sediment Sediments
mg-kg~1
n 98 149 17 4 3 271
cd Min 0.003 0.010 0.160 0.120 0.006 0.003
Max 0.557 0.870 3.060 0.620 0.633 3.060
Mean 0.133 0.340 1.077 0.338 0.236 0.310
n 88 136 7 4 4 239
C Min 0.20 0.42 4.07 0.82 3.39 0.20
! Max 4.31 12.25 22.61 7.78 415 22.61
Mean 1.48 3.69 16.17 3.63 3.73 3.24
n 102 144 7 4 4 261
c Min 0.02 0.20 12.27 3.07 0.08 0.02
u Max 8.97 26.27 59.70 10.30 6.55 59.70
Mean 224 6.78 41.56 6.68 2.34 5.87
n 200 217 21 9 12 459
E Min 80 484 5863 2542 581 80
¢ Max 5588 10,654 32,857 15,876 3181 32,857
Mean 983 3670 18,377 7529 1496 3191
n 200 216 21 9 12 458
M Min 18 56 142 86 28 18
n Max 206 1698 1373 372 85 1698
Mean 94 354 518 230 51 238
n 72 64 14 5 7 162
Pb Min 36.2 46.8 35.6 62.3 7.0 7.0
Max 88.1 84.7 107.5 79.4 63.8 107.5
Mean 71.6 60.6 78.2 714 21.8 65.7
n 200 213 21 9 12 455
7 Min 4.6 7.1 84.5 6.2 3.1 3.1
n Max 103.4 119.3 632.1 105.9 60.2 632.1
Mean 17.8 44.6 339.2 62.7 14.7 46.0

Two types of sediments covering almost the whole bottom of the lake, i.e., carbonate
gyttja and lacustrine chalk, represent nearly perfect examples of the influence of two impor-
tant contributors favoring metals accumulation in aquatic environments, i.e., granular com-
position of sediment particles [15,25-28] and chemical composition of deposits [15,20-24].
Both of them, carbonate gyttja and lacustrine chalk, are composed mainly of silt and clay
fraction, but in the case of chalk sandy and even gravel fraction may also be observed [95];
this type of deposit is then relatively coarse-grained. That is the main reason why met-
als are less likely to accumulate in lacustrine chalk, which has been confirmed also by
some specific, detailed studies. For example, calcium carbonate, which makes up lacus-
trine chalk, is partly precipitated with the participation of Charophyta (a group of algae),
which leads to the formation of calcite tubes of even more than 1 cm in length, and it
was found that those tubes are made of almost pure CaCOs [98]. Moreover, research on
pore water mineralization of Wigry Lake sediments has revealed that it is relatively low
in the case of lacustrine chalk (544.5 mg/L) when compared to other types of deposits
(e.g., carbonate gyttja—717.7 mg/L; fluvial-lacustrine sediment—1670.9 mg/L) [120]. Con-
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sequently, apart from lacustrine chalk, clastic sediment, as the most coarse-grained, is
also the least enriched with metals. The granularity of sediment particles also explains
the correlation of concentration of elements with the depth of the lake, which has been
found significant for Fe (Figures 1c and 3a), Zn (Figures 1c and 8a), and especially for Mn
(Figures 1c and 4a) [111,113]. The reason for that is the tendency of fine-grained sediments
to accumulate in deeper areas of the lake bottom [15].

In the context of the chemical composition of Wigry Lake sediments, it has been found
that the accumulation of metals is mostly facilitated by the presence of organic matter, as
it acts as a sorbent for metals primarily via the formation of complexes [20,34]. Organic
matter in aquatic environments comes mostly from decay of plant and animal material
and is usually present in the form of humic substances. As to the sorption of metals,
the most important are fine particles (of a silt and clay fraction), due to the relatively
larger interaction area of a unit amount of material made up of particles with a smaller
diameter. This kind of organic material comes mainly from benthic invertebrate fecal
material, biofilms, and decay of aquatic macrophytes [21,34,121-124]. Profundal sediment—
carbonate gyttja—is more organic-rich and metals-rich than littoral lacustrine chalk or
clastic sediment. Other deposits found on low depths, such as organic gyttja, and especially
fluvial-lacustrine sediment, are rich in metals when compared to lacustrine chalk or clastic
sediment (Table 2), which is mainly due to their relatively high organic matter content.
Metal concentrations (except for Fe) in organic gyttja are comparable with those recorded
for carbonate gyttja, which is related to the specific conditions in which organic gyttja
is formed. This type of sediment can be found in Cieszkinajki Bay and Krzyzariska Bay
(Figure 1b), which are quite isolated from the main lake basin. This is a factor that restricts
water circulation and favors eutrophication, and a symptom of that phenomenon is the
reduction of CaCOs precipitation and the displacement of carbonate sediments by organic
ones [98]. Finally, the most organic-rich fluvial-lacustrine sediment found at the mouth
of the Czarna Hancza River (Figure 1b) is the richest in all examined metals (Table 2,
Figures 3a, 4a, 5a, 6a, 7a, 8a and 9a).

All of the above was also confirmed by the results of the principal component analysis
(PCA), which revealed that the two largest variances in the data set, related to the PC1 and
PC2 axes, together explain 87.5% of the variability of data set. PC1 explains 64.5% of the
data variability (Figure 2a) and it coincides well with the type of sediment. PC2 explains
23.0% of the variability (Figure 2b) and is correlated to the depth of sediments. Most of
the fluvial-lacustrine sediment samples form a separate cluster with high values on the
PC1 axis. The remaining data show the greatest variability in the intermediate direction
between PC1 and PC2, and form clusters, but less apparent. The highest values in this
direction are found in the case of carbonate gyttja samples, while the smallest ones are in
the case of lacustrine chalk (Figure 2a). In Figure 2b, characteristic data variability in a
direction close to the PC2 axis may be observed. Samples taken from the shallows have the
lowest values, while samples taken from the depths—the highest. Manganese stands out
here from other metals used in PCA analysis (i.e., Cd, Cr, Cu, Fe, and Zn), as its relationship
with PC1 and PC2 axes is comparable, which means that this element is the least related to
the sediment type (in comparison to other metals), but the most related to the depth, which
is further discussed.

The assessment of the chemoecological state of the Wigry Lake is a very interesting
issue, as very extensively investigated lake sediments, abundant data set, and as many as
five different geochemical background values, which could be applied in this study, allowed
for a very scrupulous analysis. In this paper, the authors decided not to demonstrate some
of the very commonly used indices, e.g., contamination factor (Cy), degree of contamination
(Cq) [37], or the pollution load index (PLI) [125], because they have been calculated and
discussed in detail before [114], for five of the seven metals presented here (Cd, Cr, Cu,
Pb, and Zn), and values calculated additionally for Fe and Mn would not add anything
new. The other widely used indicator—the geoaccumulation index (Igeo) [36]—could not
be used in this study, as the index formula refers to metal concentrations in pelitic sediment
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fraction [126], while bulk samples have been examined in the case of Wigry Lake. Moreover,
all mentioned indices are based on geochemical backgrounds; therefore, their values are
strongly affected by the background values used, and those might be diversified. This
was shown before [114], where the obtained assessment results for the condition of Wigry
Lake sediments ranged from “uncontaminated” to “extremely polluted”, depending on
background values adopted for calculations. In this paper, therefore, we focus only on
background values themselves. Three of them are local, while the other two are more
globally defined.

T T
<5m

T T T
a lacustrine chalk b +
+ : carbonate gyttja + 510m
Pl A v fluvial-lacustrine sediment | 7 - 10-20 m
> organic gyttja X 120-30m
' +  clastic sediment O 30-40m
+
2 : ot 2 >40m
Loy e ¥ ;
fd +.f:‘ iy Q x;; S
&g #":‘iﬁiﬁmv 1& oL x Y 58
BRI 1+ i 04 v R Y g i
+ +¥y = W My o
¥ +
2 2k
v v
4 4t
L 1

1st PC 1st PC

Figure 2. Principal component analysis (PCA) carried out for 177 Wigry Lake sediment samples,
visualized according to sediment type (a) and depth (b).

The first of the local geochemical backgrounds (GB1) was established on the basis of re-
sults obtained for five lacustrine chalk samples, taken from the vicinity of the contemporary
Wigry Lake and underlying peat dated with 1*C method at 7970 =+ 70 years BP [103,127].
The second one (GB2) was implemented as a range of metal concentration values obtained
for the bottom layer of five core samples taken from the basin of the Wigry Lake. The
cores were dated and their bottom layers are known to originate from the preindustrial
period [104]. The third local geochemical background (GB3) is a fairly new idea and was
implemented for the first time in the case of Wigry Lake only recently [114], in accordance
with the concept of Matschullat et al. [48]. The method proposed by authors assumes
that the concentrations of a particulate substance naturally present in the environment
should demonstrate normal distribution, and any abnormal values (usually associated
with contamination or pollution) lead to the right-skewness of the distribution function. A
threshold value calculated using the method called a “calculated distribution function” is
defined as the median plus 20, where o is the standard deviation of a normal distribution
estimated on the basis of data lower than the median. GB3, defined previously for Cd, Cr,
Cu, Pb, and Zn [114], could be calculated only for carbonate gyttja samples, as in case of
other sediment types, data sets were too small or the method assumptions were not met.
Then, consequently, GB3 for Fe and Mn was calculated here also on the basis of carbonate
gyttja samples.

The next geochemical background (GB4) was adopted from the Geochemical Atlas of
Poland [128], as mean values of metal concentrations in 993 sediment samples taken from
various aquatic environments (e.g., rivers, streams, channels, lakes, reservoirs, ponds) in
Poland. The last one—the world geochemical background (GB5)—was defined as mean
concentrations of elements in carbonate rocks, according to Turekian and Wedephol [56], as
carbonate sedimentation predominates in the Wigry Lake basin. All presented background
values (gathered in Table 3) have advantages and disadvantages, which have been listed
before [114]. Briefly, GB1 and GB2 were calculated on quite a small number of samples.
Moreover, GB1 refers to lacustrine chalk, covering only up to 30% of the current lake bottom,
but on the other hand, this type of sediment was dominant in the paleo-lake [93,101]. GB3
in turn refers only to carbonate gyttja, but this type of sediment covers the majority of the
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current lake bottom. GB4 (as based on aquatic samples of different origin and chemical and
granular composition) and GB5 (as based on carbonate rocks of different origin and not
being aquatic sediments) seem to be too “general”. It is also worth noting that GB1-GB5
values are very divergent, differing even by several orders of magnitude. Generally, the
lowest values for all metals are in the case of GB1, while the highest in the case of GB3 (for
Cd, Cu, Pb, and Zn), GB2 (for Fe and Mn), or GB5 (for Cr). Nevertheless, implementing
so many different geochemical backgrounds, along with the critical approach to their
informative value, gives a fairly reasonable base for assessment of the chemoecological
state of Wigry Lake sediments, which has been visualized on the maps (Figures 3b, 4b, 5b,
6b, 7b, 8b and 9b).

The quality of Wigry Lake sediments was also based on sediment quality guide-
lines, which define certain critical concentrations associated with specifically defined
effects on biota, proposed by Smith et al. [59]. The guidelines determine two threshold
values: the threshold effect level (TEL) and the probable effect level (PEL) adjusted by
MacDonald et al. [60] and renamed to threshold effect concentration (TEC) and probable
effect concentration (PEC). These two threshold values give three ranges of possible effects
on biota. Below the TEL/TEC (minimal effect range)—adverse effects are expected to occur
only rarely; between the TEL/TEC and PEL/PEC (possible effect range)—adverse effects
may occasionally occur; above the PEL/PEC (probable effect range)—adverse effects occur
frequently. It is notable that both the TEL and TEC, as well as PEL and PEC values, do
not differ significantly, and all of these threshold concentrations (listed in Table 3) were
implemented in the course of the present study. SQGs were used previously to assess the
quality of Wigry Lake sediments [114], however here they are visualized in the form of
maps for Cd, Cr, Cu, Pb, and Zn (Figures 5c, 6¢, 7c, 8c and 9c); there are no values of SQGs
for Fe and Mn. It should also be remembered that SQGs have some limitations too. For
example, false positive assessment results (if SQGs indicate that a sediment is toxic when
in fact it is not) and false negative assessment results (when SQGs suggest that a sediment
is nontoxic, but, in fact, it is toxic) may occur. Moreover, SQGs do not take into account
the bioavailable fraction of contaminants [58], which is known to be affected by many
factors [29-35]. Nevertheless, the application of SQGs values, along with five different
geochemical backgrounds, provides a solid basis for the assessment of the chemoecological
state of Wigry Lake sediments. Particular metals, which display similar characteristics
or significance, are analyzed further together, in order to make the discussion more clear
and concise.

Table 3. Threshold values of geochemical backgrounds (GB1-GB5) and sediment quality guidelines
(TEL, TEC, PEL, PEC) implemented for the assessment of the chemoecological state of Wigry Lake.

Metal GB1! GB2?2 GB33 GB4* GB5° TEL © TEC’7 PELS® PEC?®
eta

mgkg!
Cd 0.003 * - 0.631 0.500 0.035 0.596 0.99 3.53 498
Cr 0.99 - 6.08 5.00 11.00 37.3 434 90 111
Cu 0.5 <1.0-4.0 11.1 6.0 40 35.7 31.6 197 149
Fe 344 100-13,800 5640 1000 3800 - - - -
Mn 82 53-2046 493 500 1100 - - - -
Pb 0.2 4.0-8.0 70.9 10.0 9.0 35 35.8 91.3 128
7n 4.0 2.0-36.0 73.5 48.0 20.0 123 121 315 459

* below the limit of quantification; ! GB1—local geochemical background “a” [103,127]; 2 GB2—local geochemical
background “b” [104]; 3 GB3—local geochemical background “c” [48];  GB4—Polish geochemical background
for aquatic sediments [128]; 5 GB5—world geochemical background for carbonates [56]; 6 TEL—threshold effect
level [59]; 7 TEC—threshold effect concentration [60]; PEL—probable effect level [59]; 9 PEC—probable effect
concentration [60].

Spatial distribution of iron (Figure 3a) and manganese (Figure 4a) in Wigry Lake sed.i-
ments, as well as the results of principal component analysis (discussed above) (Figure 2),
and the coefficients of correlation between the concentrations of these metals, and the
depth of the lake (0.77 and 0.60, respectively) [113] indicate that both elements have fairly
similar geochemistry and, likely, origin (at least to some extent). Manganese and iron
are both redox-sensitive elements [129,130] and tend to coexist in the form of oxides and
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hydroxides [131]. Their correlation with depth may be explained by sediment diagenesis,
during which Fe and Mn undergo selective dissolution and migration in pore waters in
an upwards direction [15]. This leads to the constant enrichment of the upper layer of
sediments with these metals, which is the highest in the deepest parts of the lake, with the
thickest layer of deposits, as has been discussed more closely before [113]. The mean values
of concentrations of both of these metals are the highest in fluvial-lacustrine sediment.
However, maximum amounts of Mn have been observed in the case of carbonate gyttja
samples located in the deepest part of the lake—the Szyja Basin (Figure 1b,c and Figure 4a),
while maximum concentrations of Fe can be found in the mouth of the Czarna Haricza River
(Figures 1b and 3a). This phenomenon may be explained by specific conditions present in
the area of the mixing of Czarna Haricza River and Wigry Lake waters, where water flow
parameters and physio-chemical parameters are subject to rapid changes, which favors the
precipitation of any contaminants carried out by the river [108]. A similar phenomenon
was observed for example in the case of other Polish lake [27]. This observation is in
line with the study on the ecological state of the Wigry National Park water system [104],
as well as with the research on phosphorus concentrations and precipitation in the lake
environment [132,133]. Moreover, it is known that iron and phosphorus have a tendency
to coprecipitate [134]. Manganese, on the other hand, is oxidized more slowly [135,136]
and can be transported over longer distances. This is in line with results obtained from the
PCA analysis, which revealed that among all examined metals, Mn was the most strongly
related to the PC2 axis, corresponding with the lake depth. Both metals may originate from
the weathering of post-glacial rock fragments (rich in these elements), mainly igneous and
metamorphic. In the petrographic composition of gravels found in the Wigry Lake and
its vicinity, crystalline rocks (originating mainly from Scandinavia) constitute about 45%,
which is typical for northern Poland [98,137].

a b

Fe [mg-kg™] O lacustrine chalk background values

I <1000 @ carbonate gyttja < GB1
1000—2000 % fluvial-lacustrine sediment GB1-GB4
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3000-4000 =+ clastic sediment I GB5-GB3
4000-5000 Il GB3-GB2
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I > 9000

Figure 3. Iron in recent bottom sediments of the Wigry Lake: (a) spatial distribution of Fe; (b) Fe
mapped according to different geochemical background values implemented in the study (Table 3).
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Figure 4. Manganese in recent bottom sediments of the Wigry Lake: (a) spatial distribution of Mn;
(b) Mn mapped according to different geochemical background values implemented in the study
(Table 3).

High concentrations of both Fe and Mn in ground waters in the area of the Wigry
National Park [73,111] also suggest a mostly natural origin of these metals in lake sediments.
The geochemical background values are also notable. Figures presenting Wigry Lake
sediments mapped according to five different GB values (Figures 3b and 4b) show that, in
both cases, deposits with metal concentrations below the GB1 value (the lowest one) can
be found. In the case of manganese, most of the lake area is covered by sediments with
Mn concentrations between GB1 and GB3 (the second lowest) and there are no deposits
in which the content of this element exceeds the GB2 value (the highest one). It is also
notable that the local geochemical background (GB2) [104] expressed in the form of a
range (Table 3), and the range of Fe and Mn concentrations in recent Wigry Lake sediments
(Table 2), are quite similar, which further supports the conclusion that the origin of these
two elements is mostly natural, especially in the case of Mn. Moreover, GB2, which is based
on fossil sediments, is much higher (taking into account the upper edge of the range) than
GB3, which is based on recent sediments. It should be noted, however, that both values
were established in different ways. On the other hand, a significant portion of iron seems
to be delivered to the lake by its tributaries, mainly by the Czarna Haricza River, but also
by the Wiatrotuza River, which flows into the lake from the north, in the Zadworze Bay
(Figures 1b and 3a). That may indicate a natural, as well as anthropogenic contribution
to the enrichment of Wigry Lake sediments in Fe, as this element may originate from the
natural leaching of the catchment built of postglacial rocks rich in this metal, as well as
from human-related contamination of the water system in the studied region.

Spatial distribution maps of Cd (Figure 5a), Cr (Figure 6a), Cu (Figure 7a), and Zn
(Figure 8a) demonstrate similarities and although they differ in details, some general
accuracies may be observed. The area that is the most enriched with these metals is the area
of the Czarna Harcza River mouth (Figure 1b) and the corresponding fluvial-lacustrine
sediment (Table 2). The lowest concentration of elements can be observed in the central
part of the lake (Zakatowskie Basin and Bryzglowskie Basin), while the northern part
(Wigierskie Basin, Szyja Basin) and, to a lesser extent, the south-west part of the lake
(Wigierki Bay; Figure 1b), are more enriched with metals. It seems that similar phenomena
affect the spatial distribution of these metals and their origin is similar as well, which was
confirmed by correlation coefficients between particular pairs of metals, ranging from 0.55
(for Cd—Zn) to 0.85 (for Cr—Cu) [114]. These phenomena seem to be also quite consistent
with those observed in the case of Fe and Mn, as spatial models of their distribution
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show many similarities. This observation is further supported by correlation coefficients
between metal concentrations and the depth of the lake, which are lower than in the case
of Fe and Mn, but still significant: Cd-depth—0.34, Cr-depth—0.46, Cu-depth—0.49, and
Zn-depth—0.58 [114], as well as by the results of PCA analysis (Figure 2b).

Cd mg-kg O lacustrine chalk background values
I <o0.070 @ carbonate gyttja <GB1
[ 0.070-0.140 % fluvial-lacustrine sediment GB1-GB5

¥ A organic gyttjia I GB5-GB4

0.140-0.210
0.210-0.280 =+ clastic sediment I GB4-GB3
0.280-0.350 Il > GB3
0.350-0.420

0.420-0.490

[ 0.490-0.560
I 0.560-0.630
B >0.630
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SQG values
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Il > PEC

Figure 5. Cadmium in recent bottom sediments of the Wigry Lake: (a) spatial distribution of
Cd; (b) Cd mapped according to different geochemical background values implemented in the
study (Table 3); (c) Cd mapped according to sediment quality guideline values (TEL—threshold
effect level, TEC—threshold effect concentration, PEL—probable effect level, PEC—probable effect
concentration [59,60]; Table 3).
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Figure 6. Chromium in recent bottom sediments of the Wigry Lake: (a) spatial distribution of Cr; (b)
Cr mapped according to different geochemical background values implemented in the study (Table 3);
(c) Cr mapped according to sediment quality guideline values (TEL—threshold effect level, TEC—
threshold effect concentration, PEL—probable effect level, PEC—probable effect concentration [59,60];
Table 3).
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Figure 7. Copper in recent bottom sediments of the Wigry Lake: (a) spatial distribution of Cu; (b) Cu
mapped according to different geochemical background values implemented in the study (Table 3);
(c) Cumapped according to sediment quality guideline values (TEL—threshold effect level, TEC—
threshold effect concentration, PEL—probable effect level, PEC—probable effect concentration [59,60];
Table 3).
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Figure 8. Zinc in recent bottom sediments of the Wigry Lake: (a) spatial distribution of Zn; (b) Zn
mapped according to different geochemical background values implemented in the study (Table 3);
(c) Zn mapped according to sediment quality guideline values (TEL—threshold effect level, TEC—
threshold effect concentration, PEL—probable effect level, PEC—probable effect concentration [59,60];
Table 3).

What differentiates these four metals from Fe and Mn is their origin, which in the
case of Cd, Cr, Cu, and Zn seems to be more anthropogenically affected. GB2 values
(established on a basis of fossil Wigry Lake sediments [104]) for Cd and Cr were not
available, however in the case Cu and Zn those values were significantly lower than the
ranges of the concentration of metals measured for recent Wigry Lake sediments (Tables 2
and 3), and lower than GB3 [48]. This indicates that deposits of the contemporary Wigry
Lake are significantly enriched with these metals, which was also confirmed by the studies
of the sediment cores [101,104,107,110]. On the other hand, the comparison of Wigry
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Lake sediments with different geochemical background values (Figures 5b, 6b, 7b and 8b)
revealed that only small areas of the current lake bottom are covered by deposits with metal
concentrations exceeding the highest GB values, i.e., GB3 (in case of Cd, Cu, and Zn) or GB5
(in case of Cr). This means that, although the analyzed sediments are enriched with metals,
the observed contamination does not pose a serious threat to the Wigry Lake environment.
This conclusion is also supported by the comparison of the sediment state with the sediment
quality guidelines (Figures 5c, 6¢, 7c and 8c), which showed that concentrations of Cd,
Cr, Cu, and Zn in the vast majority of the area of examined lake deposits do not exceed
threshold values of TEL/TEC, which means that there is no threat to biota, or this threat is
very low, as those values represent the upper end of the concentrations of the minimal effect
range (adverse effects are expected to occur only rarely) [59,60]. In the case of Cr, not even
a single sample result was higher than TEL/TEC and sediment areas of the concentration
of elements below GB1 (the lowest one) were observed. This indicates that, of those four
metals, the concentrations of Cr in Wigry Lake sediments are the least hazardous and the
least anthropogenically affected.

The spatial distribution model of lead (Figure 9a) differs significantly from the maps
for other metals. Although the Czarna Haricza River estuary and the northern part of the
Wigry Lake are enriched with this metal, as with other elements, significantly elevated
concentrations of Pb are observed also within the Bryzglowskie Basin (Figure 1b)—a part of
the lake that is rather uncontaminated in terms of other metals. Mean lead concentrations
in five different types of sediments demonstrate relatively little variation (Table 2), which
is quite unusual in the case of Wigry Lake as well. It is also difficult to indicate any
particular factor, which affects the spatial distribution of this element in sediments, and
it was ultimately concluded that the main source of Pb in the Wigry Lake environment is
precipitation and agriculture [111,114]. Atmospheric deposition was also identified as the
main source of Pb in lake sediments, e.g., in Norway [138] and in the USA [139].

a b
Pb img-kg' O lacustrine chalk background values
B <450 @ carbonate gyttja <GB1
45.0-49.0 % fluvial-lacustrine sediment GB1-GB2
49.0-53.0 A organic gyttja [ GB2-GB5
53.0-57.0 =+ clastic sediment [ GB5-GB4
57.0-61.0 Il GB4-GB3
61.0-65.0 Il > GB3
65.0-69.0
69.0-73.0
B 73.0-77.0 c
I >770 SQG values
<TEL
TEL-TEC
I TEC-PEL
I PEL-PEC
Il > PEC

Figure 9. Lead in recent bottom sediments of the Wigry Lake: (a) spatial distribution of Pb; (b) Pb
mapped according to different geochemical background values implemented in the study (Table 3);
(c) Pb mapped according to sediment quality guideline values (TEL—threshold effect level, TEC—
threshold effect concentration, PEL—probable effect level, PEC—probable effect concentration [59,60];
Table 3).

Due to the specific geochemical characteristics of lead, its concentrations do not
correlate with other metals (though, in some cases, such correlations could not be calculated
as Pb and other elements were analyzed mostly on separate data sets) [114]. What is also
untypical in the case of the Wigry Lake is that lacustrine chalk is on average more enriched

184



Minerals 2021, 11, 158

with Pb than carbonate gyttja (Table 2). This may be caused by the tendency of lead to be
accumulated and immobilized in carbonates [104,112,135,140]. Figures presenting Wigry
Lake sediment mapped according to five different geochemical backgrounds (Figure 9b)
and sediment quality guidelines (Figure 9c) demonstrate that of all metals examined,
lead is the most anthropogenically affected. The majority of the lake bottom is covered by
sediments with lead concentrations between GB4 and GB3 (the highest one) and all deposits
fall within the range between TEC and PEL values (concentrations occasionally associated
with adverse biological effects) (Table 3), which indicates a moderate threat to biota [59,60].
It is notable, however, that SQGs do not take into account the real bioavailability of
metals trapped in sediments, and in the case of the Wigry Lake, it has been evaluated as
low [114] due to the alkaline environment of the lake sediments [104], which favors metal
immobilization and the reduction of their bioavailability [141].

The enrichment of Wigry Lake sediments with metals is the effect of progressive
eutrophication of its environment. Although the lake is located in one of the most pris-
tine regions of Europe [104], agricultural activity, development of the nearby Suwatki
city, the development of tourism [89] and a significant nutrient load supplied to the
lake [132,133], have significantly accelerated natural processes, observed from the forma-
tion of the lake [91]. Anthropopressure was the most significant in the 1960-1990s [83,101],
while nowadays, constant improvement of the Wigry Lake environment can be observed,
which is mainly due to the construction of a sewage treatment plant in Suwatki in 1986 and
its modernization in the 1990s.

The chemoecological state of Wigry Lake sediments was additionally compared to
other lakes in north-central Poland and northern Europe. This region was chosen due to
a fairly comparable climate, age, and origin of the lakes (post-glacial). It was also noted
whether the compared lakes were located within relatively pristine areas. It should be
remembered, however, that each environment is unique in terms of, e.g., sedimentation
conditions, nature, or development of the catchment, morphometry, depth of lake basin, etc.
Moreover, results are often obtained by various research methods, which has been previ-
ously pointed out [114]; therefore, such comparison may only be vague. The lakes selected
in Poland included 23 lakes of the Suwatki Lakeland and Mazury Lakeland [26], Symsar
Lake [27], 11 lakes of the Wielkopolski National Park [142,143], and Gopto Lake [144],
while north-European lakes included 49 lakes in Latvia [145], 33 lakes in Norway [146],
Lake Rouge Liinjdarv in Estonia [147], and Lake Lehmilampi in Finland [148]. The average
concentrations of examined metals were lower or higher in other lakes, but generally at
levels comparable to those in the Wigry Lake. It is notable, however, that in the case of the
Wigry Lake, the ranges of results were much higher, which is probably due to significantly
larger set of samples analyzed in the case of Wigry Lake. Moreover, when fluvial-lacustrine
sediment (which, after all, occupies only a small area of the lake) was not taken into account,
Wigry turned out to be nearly the most pristine of all of the compared lakes.

4. Conclusions

The presented paper summarizes a long-term multidisciplinary research conducted
on Wigry Lake and its surroundings. An unusually abundant data set and a meticulous
investigation of the lake environment, as well as the application of various study methods,
made it possible to highlight and re-draw attention to some environmental issues, which,
although commonly known, still pose significant challenges. For example, it is known that
the spatial distribution of metals in lacustrine sediment is affected by numerous factors,
such as chemical and granular composition of the lake sediments, local physiochemical con-
ditions, or the character of the catchment. Thus, an extensive investigation of the deposits
of a particular water body under analysis is very important and sediment samples that are
taken for analysis should fairly represent the different sediment types and different depths.
However, a precise investigation of a particular environment is time- and cost-consuming,
which often makes it difficult or even impossible. The other important issue highlighted
by the present, as well as previous studies on the Wigry Lake, is the Environmental Risk
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Assessment. Although there are many ways (indices, indexes, geochemical backgrounds)
that may be used to assess the chemoecological condition of aquatic sediments, each of
them has its own disadvantages. Most of them are based on geochemical background
values; therefore, these should be very carefully chosen. Wigry Lake is unique, also, in
terms of the number of geochemical backgrounds, because as many as five different values
could be applied. However, it still failed to provide a clear answer on the chemoecological
state of Wigry Lake sediments, mainly due to the large variability in GB values.

Nevertheless, Wigry Lake sediments may be ultimately assessed as uncontaminated
or slightly contaminated and the risk to biota can be defined as low. Spatial distribution
of metals, the implementation of five different geochemical background values and the
sediment quality guidelines led us to conclude that all examined elements originated
from natural as well as anthropogenic sources, while their contribution was variable. Mn
was found to be mostly of natural origin and was the most correlated with the depth.
Concentrations of Cd, Cr, Cu, Fe, and Zn in sediments were more anthropogenically
affected, but the lowest enrichment with these metals was found in the case of Cr. Pb was
recognized as an element in the case of which human activity was the most significant. The
natural source of the examined metals has been identified as mainly the leaching of the
Wigry Lake catchment, while anthropogenic sources include agricultural activity, sewage
effluents from the nearby Suwatki city and adjacent villages, and tourism. In the case of Pb,
atmospheric deposition should additionally be taken into account. The chemoecological
state of Wigry Lake sediments does not differ significantly from other pristine lakes in
Poland or Northern Europe.
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Abstract: A gravity core (220 cm depth) was collected to investigate the geochemistry, enrichment,
and pollution of trace metals in anoxic sediments from San Simon Bay, an ecosystem of high biological
productivity in the northwest of Spain. A five-step sequential extraction procedure was used. The
Cu, Pb, and Zn contents decreased with depth, with maximum values in the top layers. Ni and Zn
were bound to pyrite fractions, while Cd and Pb were associated with the most mobile fractions.
The analyzed metals were associated with the fractions bound to organic matter, mainly with the
strongly bound to organic matter fraction. High Cd and Cu values were observed. The fractionation
showed a high mobility for Cd (28.3-100%) and Pb (54.0-70.2%). Moreover, the pollution factor and
the geoaccumulation index reflected a high contamination for Pb and a moderate contamination for
Cu and Zn in the superficial layers, pointing to a possible ecotoxicological risk to organisms in San
Simon Bay.

Keywords: marine sediments; trace metals; speciation; contamination; San Simon Bay

1. Introduction

Trace metals occur naturally in the environment, differing in contents along the Earth’s crust [1,2],
but presenting a surprisingly consistent background in sediments [3]. Human activities can drastically
increase their contents, mainly from agricultural, urban, and industrial land use [4,5]. Industrial and
mining activities contribute to 48% of the total release of contaminants in Europe [6]. The human
delivery of some trace metals to the coastal environment, putting coastal ecosystems under stress,
represents a current issue of concern. This is due to their persistence, potential toxicity, mobility,
and ability to be incorporated and accumulated in food chains, with important implications for risk
assessment, public health, and contamination management [7-11]. Trace metal pollution is related to a
deterioration of water quality and/or accumulation in plants and animals [12-14], being incorporated
into sediments as one of their reservoirs [15,16].

The distribution of trace metals in the different sediment fractions, their capacity for complexation,
and the magnitude of the contamination-related risks are conditioned by the intrinsic properties of
both metals and sediments, as well as their, mobilization in interstitial water and other factors (salinity,
bioturbation, redox or pH). Metal accumulation in sediments and the determination of their natural
and anthropogenic sources makes sedimentary records good environmental indicators and a powerful
tool by which evaluate geochemical changes, reconstructing the human-nature relationship over time,
particularly in coastal areas [17-19]. With the purpose of assessing trace metals contents in sediments
and their contamination degree, this study considers the distribution of Cadmium (Cd), Copper (Cu),
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Nickel (Ni), Lead (Pb), and Zinc (Zn) in a gravity core (220 cm depth) retrieved from San Simon Bay
(NW of the Iberian Peninsula). The bay is a Special Area of Conservation (SAC; included in the Natura
2000 Network), with high natural values affected by intense human pressure. It is a suitable site to
study natural and anthropogenic dynamics from pre-industrial society to today.

Numerous studies have focused on determining the contamination of the Galician Rias
(e.g., [20-24]), mainly in San Simon Bay (e.g., [25-27]). Some studies have analyzed the metal
fractionation [21,25,28,29]. However, these studies cover only the inner or middle zones of the Ria of
Vigo, analyzing the uppermost part of the sedimentary sequence (<100 cm deep). The objective of
this work was to analyze the trace metal contents in the San Simon Bay sediments in order to conduct
an environmental risk assessment to provide relevant information for environmental protection and
future management.

2. Materials and Methods

2.1. Study Area

The San Simon Bay, with a length of 8 km and a maximum width of 3.6 km, has a surface area
of 19.4 km? with an average water depth < 5 m (Figure 1). The San Simon Bay can be considered
as an estuary, according to its hydrology and sedimentology [30]. The orientation and morphology
of this area cause low-energy hydrodynamics, which lead to the development of intertidal flats and
marshes [24,26]. The sedimentary environments in the bay are controlled by tidal processes, being
in the medium tidal range of 2.2 m. The upwelling process provides cold waters rich in nutrients,
causing San Simon Bay (as the Ria of Vigo) to have a high productivity. According to [31], the primary
production values range between 0.05 and 2.8 g C/m? day. The high productivity increase the flow of
organic matter to the seabed, having sediments with total organic carbon (TOC) average values from
7% to 10% [32]. The TOC/TN (total nitrogen) ratio is from 11 to 21 [33], indicating that the organic
matter is of a continental origin [34]. The sediments are fine-grained and the pH values are close to
neutral or slightly alkaline. The sedimentation rates ranged between 3 and 6 mm y~! [27]. The high
sedimentation rate, together with the high biological productivity, favor the development of anoxic
conditions in the sediment and biogenic methane production [33,35]. Shallow gas accumulations have
been observed in the Holocene sedimentary record [36], delimiting the sulfate-methane transition zone
(SMTZ) between an 80 and 100 cm depth in the inner zone of Ria of Vigo [35].

Intertidal areas are usually sinks for trace metals. Anoxic conditions, pH values near to neutrality,
and high TOC contents in the San Simon Bay sediment could determine the speciation of trace metals
and the behavior in these environments.
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Figure 1. Location of San Simon Bay in the Ria of Vigo (NW Iberian Peninsula) and the position of
the sampling point. Map elaborated with QGIS 3.4 with layers from the Spanish National Geographic

Institute (©IGN) and the Directorate General of Nature Conservation of the Ministry of the Environment,
Territory and Infrastructures s (©Xunta de Galicia).

2.2. Sampling and Analysis

In order to characterize the behavior and trace metals distribution in sediments with high organic
matter contents, a gravity core (220 cm depth) was retrieved in the subtidal area of San Simon Bay
(Latitude 42.302972°; Longitude —8.638778°, Figure 1) in November 2012, on board the R/V Mytillus.
This core showed Eh values <—174 mV, and the pH ranged between 6.8 and 7.9. The sediments are
fine-grained (48% and 46% on average of silt and clay, respectively). The TOC values varied from 4%
to 15% [37].

The core was promptly sampled in the ship’s laboratory in order to minimize the oxidation of
the sampled material. The core was sliced into 2.5 cm segments and frozen at —18 °C until chemical
analysis. For the analysis of this work, 1 out of 4 samples (0-2.5 cm; 10-12.5 cm, and so on) were used.

The samples were analyzed in duplicate after the separation of pore water by centrifugation for
45 min at 4000 rpm. The percent wetness of the samples was calculated in order to express the final
results in dry weight. The partitioning of the solid-phase trace metal contents was performed using
the sequential extraction procedure proposed by [38]. This procedure allows separate five phases
according to the nomenclature [37,39]:

e  Metals present in the ion-exchangeable form and bound to carbonate (F1), were obtained by
adding 40mL of 1M ammonium acetate (NH4CH;3CO;) adjusted to pH 5 with aceticacidtoa 0.5 g
sample under stirring for 24 h at room temperature.

e  Metals present in the reductive phase bound to manganese-iron oxides (F2), obtained with 20 mL
of 1M hydroxylammonium chloride (HONH,-HCl) and 20 mL of acetic acid (CH3COOH, 25%)
after 24 h of shaking at room temperature.
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e  Metals weakly bound to organic matter (F3), obtained by adding 20 mL of 0.1 M HCl and stirring
for 24 h at room temperature.

e  Metals strongly bound to organic matter (F4), obtained by adding 20 mL of 0.5 M NaOH under
stirring for 24 h at room temperature. For sediment samples with high organic carbon content,
this treatment should be repeated until a clear solution is obtained. All the solutions obtained
from the solids were dried at 55 °C and digested using 8 mL of HNOj3 (65%) at 115 °C for 30 min.

e  Metals bound to sulfide (F5), was obtained with 20 mL of 8 M HNOj3 and digested for 3 h at 85 °C.

All the residues were washed with 5 mL of distilled water and the washings were added to the
solution. The trace metals contents were measured by inductively coupled plasma optical emission
spectrometry (ICP-OES) with a Perkin Elmer Optima 4300 DV instrument. The reagents for analysis
were ISO grade and ACS. Calibration solutions were prepared in deionized water from stock solution.
The detection limits were: Cd: 0.005 mg L™, Cu: 0.010 mg L1, Ni: 0.010 mg L~!, Pb: 0.020 mg L,
and Zn: 0.005 mg L.

2.3. Assessment Indices

In the present study, the mobility factor (MF) and three others indices were selected for the
environmental assessment—i.e., the contamination factor (CF), geo-accumulation index (Igeo), and
risk assessment code (RAC).

The mobility factor (MF, [40]) describes the potential of a metal to become mobile in the environment
and to be bioavailable. This factor strongly depends on the specific chemical forms of association of
each metal [Me], and it is calculated following Equation (1), where Fn is the metal content (mg kg™!)
obtained for each extracted fraction (from F1 to F5):

MFye = ((F1 + F2)/(F1 +F2 + F3 + F4 + F5)) x 100. (1)

The Contamination Factor (CF, [41] ) is calculated (Equation (2)) as the quotient between the
content of a single metal in the sediments [Me]; and the background content of the same metal
[Me]gg. The criteria adopted to determine the extent of the contamination were as follows: no/low
contamination (CF < 2), moderate (2 < CF < 3), high (3 < CF < 6), and very high (CF > 6).

CF = [Me];/[Me]gc (2)

The geoaccumulation index (Igeo; [42]) is used to quantify possible metal pollution in marine
sediments by comparing the current contents with preindustrial levels. The mathematical expression
of the Igeo is presented in Equation (3); a 1.5 factor is included to take into consideration the natural
variations caused by factors such as the lithology.

Igeo = log, ([Mel;/L5 [Melpc) (3)

Based on [42], a sediment classification into seven grades can be established—i.e., grade 0:
uncontaminated (Igeo < 0); grade 1: slightly contaminated (0 < Igeo < 1); grade 2: moderately
contaminated (1 < Igeo < 2); grade 3: moderately/severely contaminated (2 < Igeo < 3); grade 4:
severely contaminated (3 < Igeo < 4); grade 5: severely/extremely contaminated (4 < Igeo < 5); grade 6:
extremely contaminated (Igeo > 5).

In this study, the background/preindustrial contents [Me]gg were established by the identification
of uncontaminated sediments within the core (“low down-hole metal profile” [3]) with a common
procedure found in the literature (e.g., [43—45]). This approach considers the local complexities,
more appropriate than the use of general or regional references [46], because small variations in the
geographic location may result in noticeable differences in the metal content (e.g., [47]).
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The risk assessment code (RAC) is defined as the percentage of the exchangeable fraction (F1) in
the total content of the selected metal. A five-level classification consists of no risk (<1%), low risk
(1-10%), medium risk (11-30%), high risk (31-50%), and very high risk (>50%) [48].

3. Results and Discussion

Assuming a rough sedimentation rate between 3 and 6 mm y~! [27], the bottom of the core
(220 cm) could respond to sediments deposited 300-700 years ago. However, these sediments might be
older according to [49], who dated the sediments in San Simon Bay deposited at a 200-220 cm depth
to have sunk 8905 + 305 cal. aBP. Anyway, the depth of the core supports the assumption that it has
reached a pre-industrial section.

The copper, Pb, and Zn total extractable contents can serve to identify the industrial boundary
(when the industrialization is clearly noticeable) in the 30 cm depth (Figure 2). Below this depth, the
contents remained nearly constant (RSD < 15%, except for Cd). In consequence, sediments below
a 30 cm depth can be considered as a pre-industrial record, assimilating them to the background
contents [3,44]. The sum of the five fractions, or metal total extractable contents (hereinafter denoted
as Tex), in the preindustrial layers of the core ranged between 18 and 30 mg Cu kg~!, 24-45 mgNi kg,
17-29 mgPb kg~!, and 85-135 mgZn kg~!. These preindustrial contents were coherent with previous
works in the Ria of Vigo (see Table 1), pointing to a minor contribution of the residual phase (not
measured in this work); therefore, Tex will be operatively considered as the total content. However,
it is necessary to acknowledge that a certain portion of the elements would be missing in the residual
portion of the sediments.

Cd (mg kg™) Cu (mg kg) Ni (mg kg™) Pb (mg kg™) Zn (mg kg™)
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Figure 2. Vertical distribution of the metal fractions (Cd, Cu, Ni, Pb, and Zn) in the sediments of San
Simon Bay. F1, metals present in exchangeable form and bound to carbonate; F2, metals present in
the reductive phase bound to Mn-Fe oxides; F3, metals weakly bound to organic matter; F4, metals
strongly bound to organic matter; F5, metals bound to sulfide.
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Table 1. Local background [Me]gg levels for trace elements (mg kg™').

Scale Cd Cu Ni Pb Zn Reference
Ria of Vigo - 39 26 66 106 [21]
Ria of Vigo - 25 30 25 100 [50]
Ria of Vigo - 225 322 73.3 133.3 [51]
Ria of Vigo - 294 30.3 51.3 105.3 [24]
Ria of Vigo - 20 30.3 25 105.3 [46]
San Simon Bay - 21 33 51 110 [52]
San Simon Bay - 19 33 54 111 [28]
San Simon Bay - 30 35 34 104 [28]
San Simon Bay (Tex) 1.0* 21.2 30.6 23.3 98.2 This study

* Indicative, the real background value was not possible to estimate due to the diagenetic mobilization of the element.
Tex: total extractable content.

The Tex content for Cd in the preindustrial section (0.1-2.1 mg kg™!) cannot be established as a
reference due to the high mobility of this element in sediments, affected by intense post-depositional
migrations [53]. Nevertheless, the Cd average Tex content in the preindustrial section (1.0 mg kg™!)
is similar to the top limit for the Cd background values previously established in the nearby Ria
of Arousa—i.e., 0.99-0.92 mg kg~!—respectively in [54,55]. This value is presented as indicative in
Table 1, but it needs to be considered carefully, and this level is probably an overestimation, as will be
discussed further.

The different distributions of the five trace metals under study among the five chemically defined
fractions are shown in Figure 2.

3.1. Cadmium

The total extractable contents of Cd varied between 0.1 and 2.1 mg kg~!, coherent with the ranges
of total contents previously determined in San Simon Bay (i.e., 0.2-5.5 mg kg~!; [56]. This trace
element is present along the core in the labile fraction (particularly F1) and bound to organic matter
(mainly F4), and was not detected in the sulfide fraction. Organic matter seems to be the major source
of variation. After simple regression, considering the Cd Tex content (mg kg™') as the dependent
variable and the total organic carbon (%TOC) as the independent variable, the resulting function
([Cd]tex = 4.71e%434[TOC]) showed a moderately strong relationship between the variables (r? = 0.56;
p-value < 0.05). Cadmium increased largely below a 90 cm depth, mainly in the strongly bound to
organic matter fraction (F4). This increase happened below the sulfate-methane transition zone (SMTZ;
see [35]). This enrichment of Cd may be related to the bacteria-mediated processes of solid sulfide
mineral production [53] or with the formation of organic-Cd complexes [57].

Cadmium was the most mobile element of those studied. The calculated MF (Figure 3a) showed
an average value of 66% + 24%. Its mobility increased from the surface (51%) to a 30 cm depth (100%).
Below 90 cm, the values of Cd bound to the F4 fraction reduced its mobility drastically (28% at a 100 cm
depth), increasing again towards the bottom, but never passing the 72% mark. Similar to the MF, the
Risk Assessment Code (RAC, Figure 3b) indicated that Cd was at the level of very high risk, on average
at RAC(_220 cm = 66%, but the RAC is again irregularly distributed. Higher values were found in the
uppermost layer (average RACy g9 .m = 88%). However, the total contents were low (averagep-9o cm.
0.35 + 0.21mg kg~!), probably without environmental meaning, and so under the threshold effects of
the sediment quality guidelines that can be found in the literature (e.g., 1.2 mg kg™!, [58] freshwater
ecosystems; [0.05] 0.5-1.5 mg kg ™! [59]; 0.68 mg kg ™! [60]). In the bottom core (100-200 cm depth), the
average RAC109_220 cm Was 49% and the total content average was 1.29 + 0.37 mg kg_l, indicating that
this core section acted as a sink of Cd and was a risk if the sediments were dredged, remobilized, or
resuspended. Contents of up to 2.1 mg kg™ are above the available threshold effects and close to the
probable effect levels (e.g., 2.6 mg kg~ [58]; 1-9.6 mg kg~! [59]; 4.21 mg kg~! [60]).
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Figure 3. Vertical distribution of the tested indices for the studied metals (Cd, Cu, Ni, Pb, and Zn) in
the sediments of San Simon Bay. (A) Mobility Factor; (B) Risk Assessment Code; (C) Contamination
Factor; (D) Geoaccumulation Index. Vertical broken lines in B, C, and D represent the thresholds used
in the assessment of each index.

The CF (Figure 3c) was not a good measure of anthropogenic pressure for Cd due to its mobility.
However, using as indicative value of 1.0 mgCd kg™ (Table 1), the 90 cm depth boundary is revealed.
Sediments above 90 cm seemed to be depleted in Cd (average CF = 0.35), and the sediments below were
probably enriched by post-depositional migration (average CF = 1.28). The use of the Igeo (Figure 3d),
more restrictive than CF and taking into consideration a factor for natural variability, showed equivalent
results below the 90 cm boundary. Although Igeo cannot be used to measure contamination in this
case, its high negative values pointed to a possible overestimation of the indicative value used as
background, well above the upper continental crust reference (i.e., 0.09 mg kg~!; [61]) or the average in
regional (Galicia) continental sedimentary deposits (i.e., 0.10 + 0.06 mg kg_l; [57]).

3.2. Copper

The copper Tex contents were the highest at the surface—i.e., 46.4 mg kg~'—decreasing until
being relatively constant below the 30 cm depth—i.e., 21.1 + 2.8 (RSD = 13%). Only on the surface
(0-20 cm) the Cu Tex contents were slightly higher than the previous background values established
in the Ria of Vigo and in San Simon Bay (Table 1). They were regularly distributed within the five
fractions along the core, with the major carrier being organic matter (F3 + F4 ~ 63%), particularly in
the strongly bound to organic matter fraction (F4, 54.2 + 3.0%). The second reservoir was bound to
sulfide (F5, 36.1 + 3.9%), being the labile forms (F1 + F2 ~ 1%) of lesser importance. In the uppermost
layers (0-30 cm), we observed a general exponential increase (r2 > 0.9) towards the top core in all the
five fractions, mainly in the organic fractions (F3 + F4). Comparing the bottom core trend with the
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uppermost layer enrichment, the mass balance showed the following sequence from higher to lower:
F3 (from 1.6 + 0.6 mg kg ' 49 220 cm t0 10.9 mg kg1 o), F4 (from 11.60 + 1.6 mg kg~ 40220 cm t0 20.4 mg
kg_10 em), F1 (from 0.2 + 0.2 mg kg_140_220 em t0 3.0 mg kg_10 em), F5 (from 7.7 + 0.8 mg kg™ 40200 cm
to 10.5 mg kg™ o), and F2 (from negligible mg kg™'49 200 cm to 1.7 mg kg ™! om). Accordingly, the
organic matter (both F3 and F4) seemed to be the major carrier of the uppermost core enrichment in Cu.

Between the five studied elements, Cu is the least mobile. Its MF (Figure 3a) showed values below
3% in the whole core (rangep_220 cm from negligible to 2.5%), except in the surficial layer (0 cm), where
the MF increased up to 10%. Cu was not detected in the reductive phase bound to manganese-iron
oxides (F2), except in the 0-10 cm section. The results calculated for the RAC (Figure 3b) were equal to
the MF below 10 cm, ranging in the core from 0% to 6.4%. The qualitative assessment for the RAC
placed Cu in the ranges between no risk and low risk. Unlike what was observed for Cd, although the
Cu contents in labile forms (F1 and F2) were scarce, the Tex contents were within the values between
the threshold effect (e.g., 16 mg kg~! [58]; 16-70 mg kg~! [59]; 18.7 mg kg~! [60]) and the probable
effect levels (e.g., 34 mg kg™! [58]; 36-390 mg kg~! [59]; 108 mg kg~! [60]), suggesting any kind of
potential risk.

The contaminant factor (CF, Figure 3c) is relatively constant in the sediment core (average
CF40-220cm = 1.0 = 0.1), except in the superficial layer, where the CF increased from 30 cm (0.9) to
the surface (2.2), reaching values in the range of moderate contamination. The Igeo (Figure 3d)
showed similar results (-0.6 + 0.2 below 30 cm), increasing towards the surface (up to 0.6) to reach
a value classified as slightly contaminated in the uppermost layer. Although the inflexion in the
trend is observed above a 30 cm depth, only the surficial sediments showed indexes indicative of low
contamination, with Tex contents slightly above the local background values (Table 1), and also over
the range for unpolluted marine sediments (i.e., 30-35 mg kg~!), provided by [62] for the regional and
global scale.

3.3. Lead

The lead Tex contents ranged between 17.3 and 131.7 mg kg™!, showing the highest values at the
surface, over the local background values previously reported in the area (Table 1). The Tex contents
were relatively constant below a 40 cm depth, of 23.3 + 3.4 mg kg™ (RSD = 15%). The enrichment in
the uppermost 40 cm, ranging from 32.0 to 131.7 mg kg ™!, increased towards the surface adjusted to
a power function (r*> ~ 0.95). Lead was mainly present in labile forms throughout the core (F1 + F2
gathers 60%, RSD < 10%), especially in the ion-exchangeable form, and was bound to carbonate (F1,
38% + 6%). The second fraction in importance was the bound to sulfide (F5, 31% + 4%), followed by
the Pb bound to organic matter (9% + 5%), both weakly (F3, 6% + 2%) and strongly bound (F4, 3%
+ 4%). The standard deviations provided (or the relative standard deviations), except in the more
variable and less Pb-containing fractions (F3 and F4), showed a low variability. In consequence, all the
fractions increased in Pb content in the uppermost 40 cm, adjusting to a power function towards the
surface (r> > 0.8, except for F3 -0.6- and F2 -0.7-).

The mobility factor (MF, Figure 3a) was high along the core, varying from 54% to 70%. Its average
mobility (65% + 5%) was close to that of Cd but much less variable, not presenting any apparent
trend in its fluctuations. The RAC (Figure 3b, on average 38% + 6%) showed three well differentiated
zones: (1) an uppermost zone (0—40 cm depth), ranging from 33% to 44%, with increasing values
towards the surface; (2) an intermediate zone (50-90 cm), ranging from 30% to 35%, with values
more or less constant; and (3) a downcore trend, varying from 29% to 47%, with higher fluctuations.
This assessment, based on the mobility of Pb (MF and RAC), could be relevant in the up-core section
(0-30 cm), where the Tex contents of Pb (34.4-131.7 mg kg™!) were higher than the threshold effect
levels (e.g., 31 mg kg~! [58]; [0.1, 0.01] 28-85 mg kg™! [59]; 30.2 mg kg ! [60]) and even above the
probable effect levels (e.g., 68 mg kg~ [58]; [0.3] 38-530 mg kg~ [59]; 112 mg kg~ [60]).

The CF (Figure 3c) showed a considerable variation (1.3 + 1.0; RSD = 76%). The fluctuations
in the CF values again determined two zones: a down-core constant trend in the range of no/low
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contamination (CF = 1.0 + 0.2), with progressively increasing values above the 50 cm depth, from 1.1
to 5.7 at the surface, reaching the classifications of moderate (10 cm) and high contamination (0 cm).
Similar results were provided by the Igeo (Figure 3d), below the inflexion at a 50 cm depth, with
the Igeo averages of —0.6 + 0.2 being classified as uncontaminated. The increasing values above this
depth (50 cm)—i.e., from —0.4 to 1.9—classify the sediments as slightly (30, 10 cm) and moderately
contaminated (0 cm). In coherence, the superficial sediments (0 cm) overpass the background values at
the local (Table 1), regional, and global scales (e.g., 5-78 mgPb kg~! [62]).

3.4. Nickel

The nickel Tex contents were relatively constant along the core (RSD = 13%), averaging 30.6 +
4.1 mg kg!, being in accordance with the previously established background values presented in
Table 1. The nickel fractionation showed that Ni bound to sulfide was the most abundant fraction (F5,
56% + 4%), followed by the organic fractions (F3 + F4, 29% + 3%), and particularly the strongly bound
to organic matter fraction (F4, 24 + 3). The labile fractions were the minor drivers (F1, 6% + 2%; F2,
10% =+ 2%). The variability within the fractions was low (except in F1, RSD = 46%), so the proportions
were relatively constant in the sedimentary column.

The mobility factor (MF, Figure 3a) allowed distinguishing some differences along the core. This
index presented an average of 16% + 4%, the lowest between the studied metals after Cu. Two sections
were differentiated in the core, occurring at the boundary with the SMTZ (90 cm depth, see [35]).
Above this depth, the MF slightly increased towards the surface (an average: 13%=+2%), while below
90 cm the average mobility is higher, at 18% + 3%. The RAC values (Figure 3b) followed a similar
dynamic to those for the ME. From the SMTZ (90 cm depth) towards the surface the values increased
regularly, from 2.7% (80 cm) to 9.0% (0 cm), averaging 4.7% + 2.0%. Below 90 cm, the RAC was more
variable, showing slightly higher values (on average 6.1% + 1.9%). The RAC values in the core were
indicative of low risk (<10%). However, the Ni contents (23-45) were similar to or slightly higher than
the threshold effect levels (e.g., 7.5 mg kg ™! [58]; 16-40 mg kg~ [59]; 15.9 mg kg~! [60]), but below
or close to the lower values for the probable effect levels (e.g., 19 mg kg~ [58]; 36-130 mg kg~! [59];
42.8 mg kg! [60]).

Both the CF and Igeo indices for Ni were indicative of uncontaminated sediments along the
core (Figure 3c,d). The contamination factor average was 1.0 + 0.1 and the mean Igeo was —0.6 + 0.2.
Although a slight difference can be observed over (CF average 1.0 + 0.1, and Igeo average 0.6 + 0.1) and
below (CF 1.0 + 0.2 and Igeo 0.6 + 0.2) the 90 cm depth, the variations were not significantly different.
This lack of evidence of contamination was coherent with the similarity of the values to those in the
local (Table 1) and broader references (e.g., 7-38 mgNi kg_1 ; [62]).

3.5. Zinc

The variations in Zn Tex in the sedimentary column were similar to those of Cu and Pb. Contents
averaged 103 + 23 mg kg !, being relatively constant below a 30 cm depth (98 + 12 mg kg~!, RSD = 12%)
and increasing towards the surface, from 84 mg kg™! (30 cm) to 189 mg kg™! (0 cm). Below 30 cm,
the Zn Tex contents were slightly lower than the background values found in the literature, but the
top-core contents were well above the references (Table 1). Zinc bound to sulfide (F5) was the most
abundant fraction (52 + 7%), presenting a low variation (RSD = 13%). The organic fractions (F3 + F4)
showed 31%=+7% of Zn, with similar contents in the weakly (F3, 14% + 5%) and strongly (F4, 17% =+ 5%)
bound to organic matter fractions. The labile fractions (F1 and F2) were responsible, in average, for the
18% + 8% of the Zn content. Both fractions—metals present in an ion-exchangeable form and bound to
carbonate (F1, 9% + 4%) and metals present in the reductive phase bound to manganese-iron oxides
(F2, 9% =+ 4%)—increased above 30 cm depth, reaching 48% of the Zn content at the core surface (F1,
28%; F2, 20%).

The MF (Figure 3a), average 17%+8%, clearly identified a bottom, nearly constant, low-mobility
trend (16% + 3%) below 30 cm, and a top-core with a higher mobile Zn above 30 cm (26% =+ 15%). This
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is a consequence of the top-core Zn enrichment on the most labile fractions (F1 and F2). The RAC
values (Figure 3b) were nearly constant along the core, being on average (9% = 4%) within the limit for
low risk. It reached the medium risk classification above the 20 cm depth (12%), being maximum at
the surface (28%), presenting in this point a value below but close to the high risk level. It was also
highlightable a bottom-core section (180-210 cm) presenting RAC values (10-13%) which are in the
low range of medium risk. Only at the surface, the Tex content (189 mg kg~!) was within or slightly
over the threshold effect levels reported in the literature (e.g., 163 mg kg~! [58]; 80-200 mg kg~ [59];
124 mg kg™! [60]), but the risk seems to be low or irrelevant because the content is well below the
probable effect levels (e.g., 305 mg kg™! [58]; 100-700 mg kg~! [59]; 271 mg kg ! [60]).

Below a 30 cm depth, both indices (CF and Igeo) did not show evidence of reliable contamination
(Figure 3c,d). Their values were in this major section of the core in the range of uncontaminated
(CF30-220cm = 1.0 £ 0.1 and Igeozp_220cm = —0.6 + 0.2). The contamination indices also increased towards
the surface in the uppermost 30 cm, but only on the most superficial layer was a legible contamination
observed. The Igeo and CF values (0.4 and 1.9, respectively) at the surface indicated low contamination
according to the assumed criteria, and showed that the low contamination at the surface was above the
local references (Table 1), and also over those in a world context (e.g., 20-136 mgZn kg‘l; [62]).

3.6. Environmental Assessment

The San Simon Bay sediments have a clay-silty texture and high TOC contents (4-15%), resulting
from a mixture of terrestrial and marine inputs [37]. The high specific surface and surficial charge of clay
minerals together with the organic-rich fine-grained sediments favor the trace metals accumulation [63].
Organic matter and oxides act as principal adsorbents of the trace metals, controlling their mobility and
bioavailability [64,65]. The fractionation procedure in this study was useful to evaluate bioavailability
and possible risk associated with metals, separated between labile forms (F1 and F2), organic fractions
(F3 and F4), and the fraction bound to sulfides (F5).

The order of affinity of metal cations by organic matter (F3 + F4) in the sediments of San Simon
Bay was Cu > Cd > Zn > Ni > Pb. These trace metals were bound to strongly bound to the organic
matter (Figure 3).

The cluster analysis allowed us to differentiate three behaviors (Figure 4): (1) cadmium, a highly
mobile element affected by post-depositional migration being stored below the SMTZ (90 cm depth)
and keeping a potential risk in depth sediments if they are dredged or removed; (2) nickel, an stable
and conservative element mainly bound to the less mobile fractions (F5 and F4), did not show evidence
of important post-depositional migration or legible contamination; (3) copper, Pb. and Zn showed
contamination (particularly Pb) in the uppermost core at 30-40 cm. According to the RAC, only Pb
presented a high risk in the surface layer.

Several authors have pointed to a variety of contamination sources in the area, related to
the urbanization phenomenon coupled with industrial development—i.e., local industries [25,28],
wastewater outflows [66], harbor-shipyard activities [67], the use of fossil fuels [25,27], the traffic of
vehicles [22,68,69], or the use of fertilizers and pesticides in agriculture [27,52]. The anthropogenic
enrichment towards the surface was consistent with [27]. These authors found important metal
enrichments (particularly Cu and Pb) in sediments deposited after the 1970s attributed to anthropogenic
sources. The industrialization started in the area within the end the 19th century in the City of Vigo and
its surrounding area (including San Simon Bay) [70], suffering an important increase in the 1960s, being
coherent with the global phenomenon of the “Great Acceleration” of the mid-20th century [71,72].
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Figure 4. Cluster analysis (median method, squared Eucliean distance) performed over the total
extractable contents for each element in the studied core.

4. Conclusions

The sedimentary column allowed us to estimate the background for Cu, Pb, Ni, and Zn. Cadmium
was a particularly difficult element in estimating background values due to its high mobility and
participation in post-depositional processes, thus only a rough estimation is provided by previous
works. The fractionation procedure allowed us to identify the carriers of risk elements within the
sediments—i.e., Cd and Cu were driven by their association with organic matter, Pb was mainly in
the most mobile form (ion-exchangeable and bound to carbonates), and Ni and Zn were related to
the less mobile fraction (bound to sulfide). The use of the Risk Assessment Code index showed some
risk in surface sediments, particularly for Pb. It should be mentioned that contamination risks are
actual only within those sediment layers which are easily accessible to bottom fauna—i.e., above the
depth of 30 cm. In the deeper layers, as is known, most zoobenthic organisms are not found there. The
contamination indices showed contamination above 30-40 cm depth, in increasing order, by Zn, Cu,
and Pb. The nickel contamination was negligible, and it was not possible to determine for Cd.

This information is a valuable resource for management issues to be taken into account by
decision-makers. San Simon Bay sediments might be considered contaminated in the surface mainly
due to anthropogenic inputs, especially in the case of Pb, reflecting the enormous human pressure on
these ecosystems. Depth sediments showed a sink for Cd due to diagenetic processes. Both Pb and Cd
presented contents and mobility factors that can imply concern due to possible environmental risk.
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Abstract: In 2019, Taiwan completed its first thorough heavy metal investigation of irrigation canal
sediments by this study with the support of Taiwan Environmental Protection Administration. Box-
and-whisker plots were used to analyze the sediment distribution and to define metal concentrations.
Possible metal pollution sources, the polluted agricultural land, irrigation area, and water sources
were also evaluated using spatial analysis to understand the possible causes of sediment pollution.
Results showed that the main heavy metal in agricultural land was Cu, found in 77% of contaminated
agricultural land sites. Most sites with Cu pollution in sediments were in Taoyuan City and Changhua
County. The heavy metals present in the sediment pollution sites in Taoyuan were consistent with
those of possible pollution sources upstream, namely, Cr, Cu, and Pb. The main heavy metals in
sediment pollution sites in Changhua were Cr, Cu, Ni, Pb, and Zn, whereas those for the polluted
agricultural land sites were Cr, Cu, Ni, and Zn, without Pb. The main irrigation water sources in
Changhua include drainages and rivers, with some receiving most wastewater pollution mass of
release of Changhua, and functions as an irrigation water source with a high release mass in Cr, Cu,
Ni and Zn. These findings indicate that the sites of sediment pollution, sites of polluted agricultural
land, and the sources of pollution share corresponding heavy metal characteristics. Therefore, in
Changhua, the sediments were polluted mainly because (1) the irrigation canals received the highest
masses of pollutant releases into drainage wastewater of the county; and (2) the return flow from
irrigation and the illegal discharge of wastewater. The preliminary assessment results for sediment
pollution in Taoyuan also suggest that the main causes may be irrigation by polluted rivers or
drainages and return flows.

Keywords: agricultural land contamination; sediment; irrigation canal; heavy metal; copper

1. Introduction

Agricultural lands contaminated by heavy metals has become a serious problem
and is of concern in Taiwan [1]. Although Taiwan has an annual precipitation reaching
95.2 billion m?, which is approximately 2.6 times the world average, the sum of annual
evaporation and runoff to the sea reaches 75.1 billion m? because of Taiwan’s geographic
characteristics of a longer north—south span in comparison to the west—east span and the
Central Mountain Range running from the north to the south of the island [2]. This leads
to difficulty in water storage and the rainfall that can be used by each person is only 1/6
of world average in Taiwan [3]. Therefore, irrigation canals provide the foundation of
rice agriculture in Taiwan. Water storage systems including reservoirs and farm ponds
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are employed to store a considerable amount of rainwater. Through water transmission
systems, such as leading canals, main canals, and lateral canals, water is led to ditches and
dispatched to agricultural land for irrigation [4]. The systems enable regions including
Changhua, Chiayi, and Tainan Counties to grow rice crops successfully and ensure abun-
dant harvests. However, as of November 2020, the number of agricultural land sites listed
as having soil contamination was 7294, of which 5589 contained copper (Cu) pollution,
accounting for 77% of the sites. The data thus indicated that Cu is the main pollutant of
agricultural land in Taiwan [5].

Excessive trace elements in agricultural soil may inhibit the growth or decrease the
yield of food [6], and the food loss caused by the abnormal Cu concentration in the soil
may be higher than other causes leading to food safe and food security threats. Cu
can cause growth inhibition, oxidative damage, antioxidant response, and disturbances in
physiological and biochemical processes in food crops such as wheat, rice, and maize [7-10].
One study found that when the Cu concentration in the culture solution reached 10 uM,
the germination rate of rice (Oryza sativa L.) was reduced by about 60% compared with the
control group (from 93% to 34%), and the root length was reduced by about 40% (from
80.3 mm to 50.1 mm) [11]; when the Cu concentration in the soil is 100 mg/kg, the yield
of rice grain decreases by 10%, and when the concentration is between 300 mg/kg and
500 mg/kg, the yield of rice grain is reduced by 50%. When the Cu concentration reaches
1000 mg/kg, the yield of rice grain is reduced by 90%. Cao and Hu [12] investigated that
rice grown in paddy soils irrigated by Cu-containing wastewater would lead to the problem
of less effective tiller and black roots; in addition, the yield of rice grain was reduced by
18%—25%. The Cu concentration reaching 50 mg/kg also had a significant effect on root
weight [13]. Moreover, the Cu concentration in brown rice (15.5 mg/kg) was measured
higher than the value of 10 mg/kg of maximum permissible concentration in grains
promulgated by Food and Agriculture Organization (FAO) [14] when the Cu concentration
in the paddy soil reached 101.2 mg/kg [12]. In Taiwan, the higher bioaccumulation of
Cu in the soil-grapevine system in vineyards may also cause a public concern of general
population exposure to Cu through grape consumption [15-18].

Rice is the most important food crop in Taiwan; the average annual harvest area in the
past 10 years is higher than that of other crops, such as grains, vegetables, and fruits [19]. If
the high Cu concentration in farmland soils reduces rice production, it may cause a food
crisis in Taiwan. Unfortunately, several agricultural land sites are polluted with Cu and
other common heavy metals by irrigation water [20-23] or specifically, suspended solids in
irrigation water [24]. Although the strategy of separating irrigation and drainage canals
may improve the quality of irrigation water [25], the suspended solids in irrigation water
may accumulate at the bottom of canals and form sediments. No large-scale study has been
conducted to investigate the sediments of irrigation canals before this study. If sediments
are resuspended or scoured because of rainwater flooding into agricultural land, they may
pollute the land.

To protect citizen health and secure sediment quality, the Environmental Protection
Administration (EPA) of the Executive Yuan in Taiwan incorporated sediment quality man-
agement provisions in amendments to the Soil and Groundwater Pollution Remediation
Act in 2010 and made subsidiary regulations including “Regulations on the Classification
Management and Usage Limitation of Sediment Quality Guidelines” and “Implementation
Regulations on Testing Sediments for the Future Reference of Local Industry Competent
Authorities” after the implementation of the Act. The regulations were effective as of
January 2014. According to Paragraph 5 of Article 6 of the Soil and Groundwater Pollu-
tion Remediation Act, the authorities responsible for rivers, irrigation canals, lakes, and
reservoirs must test the bottom sediment quality of the listed water bodies and submit the
resulting data to the central competent authority.

Therefore, this study is of importance, exploring the distribution of Cu and other
common heavy metal pollutants in the sediments of irrigation canals and compared it with
that of Cu-polluted agricultural sites. A composite analysis of possible pollution sources,
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situations of surface waters, and other heavy metal pollution characteristics was conducted
to determine the sediment pollution characteristics and possible causes.

2. Materials and Methods
2.1. Data

The total number of water bodies reported on by all industry competent authorities in
the initial period of regular reporting (2014-2019) was 557, including 118 rivers, 94 lakes and
reservoirs, and 345 irrigation canals. Among the water bodies, 35 rivers and two reservoirs
were approved to be exempted from reporting because of gravel on the bottom, and one
reservoir was exempted because of ongoing construction. Reports on a total of 519 water
bodies were to be completed in the first operation period, consisting of 83 rivers, 91 lakes
and reservoirs, and 345 irrigation canals. All competent authorities were to complete
all reports on sediment quality by 2019. The sediment samples of one reservoir (under
construction) and 63 irrigation canals (without sufficient amounts of sediments) could not
be collected. Thus, the actual number of water bodies tested in the first operation period
comprised 83 rivers, 90 lakes and reservoirs, and 282 irrigation canals.

2.2. Sampling and Analytical Methods

Relevant sampling, preprocessing, and analytical methods were implemented accord-
ing to the standard methods provided by the Environmental Analysis Laboratory of the
EPA, Executive Yuan. The methods included NIEA 5104 (sediment sampling method),
NIEA M353 (method for detecting metal in waste and sediments—acid digestion), NIEA
M301 (method for detecting metal in waste and sediments—microwave assisted acid diges-
tion), NIEA S310 (method for detecting arsenic in soil and sediments—arsine atomic absorp-
tion spectrometry), NIEA M111 (flame atomic absorption spectrometry), NIEA M104 (induc-
tively coupled plasma atomic emission spectrometry), NIEA M317 (method for detecting
the total mercury in soil, sediments, and waste—cold vapor atomic absorption spectrome-
try), and NIEA M318 (method for detecting the total mercury in solid and liquid samples—
thermal decomposition, amalgamation, and atomic absorption spectrophotometry).

Hand shovels, sampling spoons, and grab samplers were used to collect samples from
sediments in rivers, irrigation canals, lakes, and reservoirs. The samples were air dried (for
approximately 7-10 days), oven dried at 30 £ 4 °C, or freeze dried. All dried samples were
sifted using 2 mm (10 mesh) standard sieves before they were further ground and sifted
through 0.15 mm (100 mesh) standard sieves.

The homogenized samples underwent microwave digestion or acid digestion to
complete the digestion process. The microwave digestion method involved adding 1 mg
of the sample into 9 + 0.1 mL concentrated nitric acid and 3 £ 0.1 mL concentrated
hydrochloric acid and mixed evenly. Microwave digestion devices were used to heat
samples to 175 £ 5 °C at a rate of approximately 10 °C/min, and the temperature was
maintained for 10 £ 1 min. Each sample was poured into a volumetric flask and diluted
with reagent water. The supernatant digestion solution was collected and analyzed using
instruments. The acid digestion method involved adding 0.01 mg of the sample into the
digestion vessel. Then, 10 mL of (1:1) nitric acid, 5 mL of concentrated acid, 2 mL of water,
and 3 mL of 30% hydrogen peroxide were sequentially added to the vessel, which was
heated to 95 & 5 °C by vapor collection devices. After each reflux condensation without
boiling the sample, 1 mL of 30% hydrogen peroxide was added until the sample was heated
and minimum bubbles were present or the sample appearance remained unchanged. Then,
10 mL of concentrated hydrochloric acid was added to the digestion solution, which was
then heated to 95 £ 5 °C. The nonboiling sample underwent reflux for 15 min. After the
sample was condensed, it was diluted to a constant volume of 100 mL using reagent water.
Whatman Grade 40 filter papers (or equivalent products) or centrifugal methods were
employed to collect the supernatant digestion solution for instrumental analysis.

Digestion solutions can be determined through flame atomic absorption spectrometry
for cadmium (Cd), chromium (Cr), Cu, nickel (Ni), lead (Pb), and zinc (Zn). Graphite
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furnace atomic absorption spectrometry can be used to determine arsenic (As), Cd, Cr,
Cu, Nji, Pb, and Zn content. Inductively coupled plasma atomic emission spectrometry or
inductively coupled plasma mass spectrometry can be used to determine As, Cd, Cr, Cu,
Hg, Ni, Pb, and Zn.

2.3. Graphic and Spatial Analysis

The sediment data had to be processed using appropriate statistical methods to iden-
tify the value distributions and trends. A box-and-whisker plot [26] is a common schematic
method for presenting descriptive statistics. The method yields five-number summaries,
including the first quartile, median, third quartile, minimum, and maximum. In considera-
tion of the absence of previous irrigation canal baseline data in Taiwan, 1.5 interquartile
range can be added to the third quartile to obtain the outlier value as the screening basis
for high pollution potential sites.

Bar charts provided concentration distribution trends of pollutants, visualizing pol-
lutants with higher concentrations and concentration trends for different sediment sites
with icons. Pie charts and radar charts facilitated the comparisons of different types of
data such as the number of sediment pollution sites in different counties and cities and the
distribution and number of agricultural land pollution sites.

A geographic information system was adopted to present vector or grid information
that provided coordinate information including the sediment sampling site, agricultural
land, pollution source, irrigation canal, and surface water. Spatial analysis was conducted
to extract the data characteristics of different ranges for spatial distribution patterns.

3. Results and Discussion
3.1. Cu Distribution in Irrigation Canal Sediments

Sediment quality data for irrigation canals, rivers, and reservoirs between 2014 and
2019 were collected. The numbers of sampling sites in irrigation canals, rivers, and reser-
voirs are 292, 443, and 276, respectively. The Cu concentration distribution is shown in
Figure 1 and Table S1 (Supplementary Materials). The median concentrations of the three
water body types were similar, with 26.6, 21.6, and 18.3 mg/kg for irrigation canals, rivers,
and reservoirs, respectively. The sediment concentration in the third quartile for irrigation
canals was approximately twice that of rivers and reservoirs; the sediment concentrations
of the three water bodies were 62.5, 31.7, and 26.7 mg/kg, respectively. Compared with
rivers and reservoirs, the Cu cumulative concentration in sediments from irrigation canals
was notably higher.

The irrigation canal sampling sites were collected in 15 counties and cities. Given the
industrial characteristics of counties and cities, different sediment flow and distribution
trends may have been present. Therefore, sediment concentration variation in the 15
counties and cities was explored separately. The distribution of the sampling sites of
irrigation canals is presented in Figures 2 and 3 and Table S2 (Supplementary Material).
The average number of sampling sites per county or city was 17. Changhua had the most
sampling sites (32), followed by Hualien (29), whereas Hsinchu City had the fewest (5).
Descriptive statistics of sediment concentration data (Figure 3) indicated that the highest
average concentration was observed in Changhua, where it reached 340 mg/kg. The
concentrations in Taoyuan (105 mg/kg), New Taipei City (105 mg/kg), and Pingtung
(92.2 mg/kg) were higher than the overall average concentration (79.2 mg/kg). The
median concentrations of Pingtung (80.6 mg/kg) and Taipei City (80.3 mg/kg) were similar
and both high. The median concentration of Taoyuan was 75.0 mg/kg. The median
concentrations of Changhua (59.5 mg/kg), New Taipei City (56.9 mg/kg), Hsinchu City
(41.7 mg/kg), and Yilan (34.8 mg/kg) were higher than the overall median concentration
(26.6 mg/kg). In general, compared with the overall irrigation canal sediment concentration
distribution pattern in Taiwan (Figure 3), the sediment concentration distribution patterns
of Pingtung, Taoyuan, New Taipei City, Hsinchu City, Changhua, and Taipei City were high.
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Figure 1. Box-and-whisker plot analysis of sediment quality in irrigation canals, rivers, and reservoirs based on Cu

concentration. The number in the parentheses is the number of sampling sites.

3.2. Pollution Characteristics Analysis
3.2.1. Irrigation Canal Sediment Pollution and Agricultural Land Pollution Site Patterns

Taiwan’s sediment management policy uses the upper limit value of sediment quality
guidelines as the value to commence risk assessment. Table 1 shows the lower and upper
limit values of sediment quality guidelines for heavy metals. Based on logistic regression
model, the ecological effects of an individual species can be considered to be “rarely
observed” (<25% possibility) if a metal concentration falls below the lower limit; those at
upper-limit concentrations are likely to have more apparent ecological effects making their
effects more “frequently observed” (>50%). Regarding the use of risk assessment results as
the basis for determining treatment necessity, no control standard to determine pollution
level has been stipulated. Therefore, the outlier value exceeding the upper extreme of
the box-and-whisker plot was used to determine the pollution of sediments. Moreover,
because sediments could resuspend and flow into agricultural land with irrigation water
or accumulate by suspended solids in effluent [27], the pollution potential of sediments
may be consistent with the characteristics of downstream polluted agricultural land [21].
However, because the sampling time of sediments and soil of polluted agricultural land
differed, heavy metal pollutants in sediments across counties and cities and those in control
sites of polluted agricultural land soil (hereinafter referred to as the polluted agricultural
land site) were compared. Survey results up to the time the current study was reported
were used to assess possible pollution intervention patterns.
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Figure 2. Irrigation canal sediment sampling sites and Cu concentration distribution in Taiwan.
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Figure 3. Box-and-whisker plot analysis of Cu concentration in irrigation canal sediment sampling sites in various counties
and cities in Taiwan. The number in the parentheses is the number of sampling sites in a city/county.

Table 1. The lower and upper limit values of sediment quality guidelines for heavy metals.

Sediment Quality Indicator Upper Limit (mg/kg) Lower Limit (mg/kg)

As 33.0 11.0
Cd 2.49 0.65
Cr 233 76.0
Cu 157 50.0
Hg 0.870 0.230
Ni 80.0 24.0
Pb 161 48.0
Zn 384 140

According to the study hypothesis of pollution determination, the upper extreme of
the overall irrigation canal sediment concentration in Taiwan (132 mg/kg) was used as the
reference. A total of 25 sites exhibited Cu concentrations higher than the upper extreme in
sediments. The distribution of the 25 sediment pollution sites and the sediment pollutants
and concentrations are shown in Figure 4. The number of pollution sites was highest
in Taoyuan (eight sites), followed by Changhua (seven sites) and Pingtung (four sites).
Miaoli, Kaohsiung, and New Taipei City each had two pollution sites. In addition, the
overall outliers for As, Cd, Cr, Cu, Hg, Ni, Pb, and Zn in irrigation canals was calculated to
understand the pollutants (as detailed in Figure 5 and Table S3 (Supplementary Materials)).
Among the 25 sediment pollution sites, most pollution patterns containing Cu concurrently
contained Cr, Cu, Ni, Pb, and Zn (eight sites, approximately 32%), followed by the pattern
concurrently presenting Cr, Cu, Pb, and Zn (five sites, 20%), and the patterns of Cu + Pb,
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Cu + Pb + Zn, and Cu + Zn (each with two sites, 8%). Most other patterns also presented
these five heavy metals (Cr, Cu, Ni, Pb, and Zn).
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Figure 4. Bar charts of pollutants and concentrations of 25 sediment pollution sites.

Agricultural land pollution site characteristics for each county and city are summa-
rized in Table 2. The agricultural land pollution sites were located mainly in Taoyuan
(47%) and Changhua (45%). In the heavy metal pollutant patterns, most sites contained
Cu pollution, totaling 3341 sites (59.8%), followed by pollution sites containing Cr, Cu, Ni,
and Zn (10.8%) and the pattern of Cu and Zn (7.9%). The aforementioned three patterns
accounted for nearly 80% of the agricultural land pollution sites. In addition to Cr, Cu, Ni,
and Zn, pollutants including Cd, Pb, As, and Hg were identified in low proportions.
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Figure 5. Heavy metal statistics of irrigation canals in Taiwan. The number in the parentheses is the number of metal

appearance in the sampled irrigation canals.

Table 2. Summary of pollution characteristics in agricultural land pollution sites containing Cu.

Pollutant

. . . Tao- . New Hsinchu  Chang- . A . .
(Cu Yilan  Pingtung Miaoli yuan Kaohsiung Taipei (City) hua Taichung  Taipei Tainan Total Ratio
Included)
As, Cr, Cu, o
b 1 1 0.02%
As, Cr, Cu, o
Ni, Zn 1 1 0.02%
As, Cu 2 2 4 0.07%
As Cu, 1 1 0.02%
Zn
As, Cd, o
Cu, Ni, Pb 1 1 0.02%
Cr, Cu 16 4 17 25 62 1.11%
Cr, CZu, Pb, 2 1 3 0.05%
n
Cr, Cu, Zn 4 10 3 2 19 0.34%
Cr, Cu, Ni 1 1 9 139 89 239 4.28%
Cr, Cu, Ni, 1 1 595 5 602 10.8%
Zn
Cu 1 6 2400 1 8 5 850 61 2 7 3341 59.8%
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Table 2. Cont.

Pollutant

. . Lo Tao- . New Hsinchu  Chang- . Lo . .
(Cu Yilan  Pingtung Miaoli yuan Kaohsiung Taipei (City) hua Taichung  Taipei Tainan Total Ratio

Included)

Cu, Hg 2 1 3 0.05%

Cu, Pb 1 2 3 0.05%

Cu, Pb, 1 6 1 6 1 15 0.27%
Zn

Cu, Zn 1 154 6 266 1 14 442 7.91%

Cu, Ni 1 3 1 285 12 3 305 5.46%

Cu, Ni, Pb 1 1 0.02%
Cu, Ni, o
Pb, Zn 1 1 0.02%

Cu, Ni, Zn 3 246 5 254 4.54%
Cd, Cr,

Cu, Pb, 2 2 0.04%

Zn

Cd, Cr, o
Cu, Ni 12 12 0.21%
Cd, Cr,

Cu, Ni, 154 154 2.76%
Pb, Zn

Cd, Cr, o

Cu, Ni, Zn 22 52 74 1.32%
Cd, Cu 13 1 14 0.25%
Cd, Cu, o

Hg 1 1 0.02%
Cd, Cu,
Hg, Ni, 1 1 0.02%
Pb, Zn
Cd, Cu, o
Pb 1 1 0.02%
Cd, Cu,
Pb, Zn 6 6 0.11%
Cd, Cu, 4 4 8 0.14%
Zn
Cd, Cu, o
Ni 5 5 0.09%
Cd, Cu, o
Ni, Pb 3 3 0.05%
Cd, Cu,

Ni, b, Zn 2 2 0.04%
Cd, Cu, 9
Ni, Zn 8 8 0.14%

Total 2 1 10 2605 7 18 196 2501 201 4 44 5589 100%
Ratio 0.04% 0.02% 0.18% 46.6% 0.13% 0.32% 3.51% 44.75% 3.60% 0.07% 0.79% 100%

Note: Agricultural land soil pollution was determined according to Soil Pollution Control Standards, in which the criteria for each pollution
item are 60 mg/kg for arsenic; 5 mg/kg for cadmium; 250 mg/kg for chromium; 200 mg/kg for copper; 5 mg/kg for mercury; 200 mg/kg
for nickel; 500 mg/kg for lead; and 600 mg/kg for zinc.

Again, sediment pollution sites and agricultural land pollution sites were mainly
distributed in Taoyuan and Changhua (Figure 6). The agricultural land pollution sites
in Taoyuan generally contained Cu, with these totaling 2400 sites and accounting for
92% of the total number of agricultural land pollution sites in Taoyuan. The sediment
pollution sites did not present notable patterns. Cr, Cu, Ni, Pb, and Zn were all possible
pollutants. The agricultural land pollution sites were mainly distributed in areas near
TY4 in northeastern Taoyuan (as detailed in Section 3.2.2). Overall, 71% (5/7) and 26%
(648/2501) of sediment and agricultural land pollution sites in Changhua, respectively,
exhibited pollution patterns containing Cr, Cu, Ni, and Zn. In addition, the locations of the
patterns were distributed closely (as detailed in Section 3.2.3).
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Figure 6. Pie charts of sediment and agricultural land pollution sites containing Cu.

3.2.2. Analysis of Sediment Pollution and Possible Pollution Sources in Taoyuan

Sediment pollution sites, irrigation canals, agricultural land pollution sites, possible
pollution sources, and surface waters in Taoyuan are plotted in Figure 7. The areas with
both sediment and agricultural land pollution sites were distributed between the trunk
lines of Sinjie Drainage and Pusin Drainage. At the west side of the Sinjie Drainage trunk
line and the east side of the trunk line of Pusin Drainage, irrigation canals are present.
The irrigation area of TY4 was less likely to include irrigation canals supplying irrigation
beyond the range between the two drainages. Therefore, the preliminary comparison of
the pollution characteristics of sediment and agricultural land pollution sites in the range
between these drainages was conducted.

The sediment pollution characteristic items in TY4 indicated mainly Cr, Cu, and Pb.
The agricultural land pollution sites were in the area that bordered Sinjie Drainage to the
west, Pusin Drainage to the east, Taoyuan Da Zun to the south, and the shoreline to the
north. A total of 1503 agricultural pollution sites were present in this area, accounting for
58% of all the agricultural pollution sites in Taoyuan. In this area, 97% of the agricultural
land pollution sites were mainly polluted by Cu. Agricultural land containing both Cr and
Cu accounted for 0.7%. Two Pb-containing agricultural land pollution sites were 1.3 km
from the sediment pollution sites. Given that Pb in agricultural soil must reach 500 mg/kg
to be identified as pollution (48.7 mg/kg of Pb in sediment was used as the pollution
criterion in this study), a preliminary inference was made that the criterion was possibly
related to the low proportion of Pb-containing agricultural land pollution sites. For Cr and
Cu, the characteristics of sediment pollution sites corresponded to those of the agricultural
land pollution sites. Agricultural land pollution sites with patterns of Cu + Zn pollution
(1%), Cd + Cu pollution (0.4%), and Cd + Cu + Zn pollution (0.1%) were located close to
the downstream area of drainage trunk lines. The patterns might be related to downstream
pollution; Zn and Cd were not found in the sediments.
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Figure 7. Sediment and agricultural land pollution sites in Taoyuan and the distribution of possible pollution sources.

In terms of the number of potential Cu sources in Taoyuan City, bare printed circuit
boards (PCBs) manufacturing has the largest number, accounting for about 43% of the total
factories, followed by surface treatments with 15% of the total. The Cu emission amount
is also the highest in the PCB manufacturing industry, which accounted for about 78%
from 2014 to 2019. A comparison of the pollution sources revealed that two PCB factories
(Factory A and B) and an industrial area (Industrial A) were located at the upstream area
of sediment pollution sites, two factories operated near the trunk line of Sinjie Drainage,
and another 4 PCB factories operated (Factory C, D, E, and F) near the trunk line of Pusin
Drainage at the downstream the sediment pollution sites. The heavy metal release mass of
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the six factories and the industrial area into flowing water during the period 2014-2019
are shown in Figure 8. The two upstream factories were located near the upstream area
of the canal with the sediment pollution sites, where the heavy metal masses of releases
were mostly Cu (approximately 86%), Ni (approximately 9.3%), and Pb (approximately
3.4%). The release of Cr was small (from only one factory source; approximately 0.1%).
The sediments therefore presented pollution characteristics of Cr, Cu, and Pb. However,
the level of Ni in the sediments did not attain the level of pollution, possibly because of
nonhomogenous samples or different sampling time points or for other reasons. Ni was
also not notably present in agricultural land pollution sites. The overall heavy metal mass
of release was high in Industrial Area A, with considerably different pollutants. Therefore,
most agricultural land pollution sites with Cd, Cr, Ni, Pb, and Zn were located near the
Pusin Drainage trunk line. Fewer corresponding characteristics were found in sediment

pollution sites.

Industrial Area A

Factory A

Pb

Factory B

As
1000

Hg

Pb

Factory C

1000

As

Cr

Hg

Factory E

Possible Pollution

Sources As(%) Cd(%) Cr(%) Cu(%) Hg(%) Ni(%) Pb(%) Zn(%)
Industrial Area A 04% _ 0.1%  0.1%  30.7%  0.1% 31.8% 8.8%  28.1%
Factory A 0.0%  0.0%  0.0% 856% 0.0% 99% 28% 1.7%
Factory B 0.0% 0.1% 0.1% 868% 0.0% 8.7%  4.0%  0.3%
Factory C 0.0%  0.0%  0.0% 97.5% 0.0%  2.0%  0.0%  0.5%
Factory D 0.0%  07%  2.5% 822% 0.0% 100% 43%  0.3%
Factory E 0.0%  03%  22% 772% 0.0% 200% 0.0%  0.4%
Factory F 0.0%  03% 14% 924% 00%  55%  0.0%  0.3%

Figure 8. Radar charts of heavy metal mass of release at pollution sources near sediment pollution sites in TY4 (Note: Total
mass of release of heavy metals during the period 2014-2019, unit: kg).
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An investigation of historical survey data on the research area suggested that agri-
cultural land pollution possibly resulted from effluent entering irrigation water sources.
Although irrigation water quality might not appear abnormal, the constant accumulation
of low concentrations of heavy metal might cause heavy metal buildup in agricultural land
soil [28,29]. In addition, the EPA of the Executive Yuan in Taiwan analyzed the water qual-
ity and suspended solids at the diversion dams of the Pusin Drainage trunk line and found
that most suspended solids were composed of Cu pollutants. The analysis indicated that
the water and suspended solids contained 0.103 mg/L and 2890 mg/kg of Cu pollutants,
respectively [27]. Suspended solids, with their notably high proportion of Cu pollution,
are prone to enter sediments or agricultural land with irrigated water.

Taoyuan’s main irrigation source is Shihmen Reservoir, which offers approximately
47% and 48% of the irrigation water consumed in Taoyuan and Shihmen Management
Office areas, respectively. For the remaining 53% of irrigation water, supplementation by
nearby rivers and drainages is relied upon [30,31]. Between 2014 and 2019, approximately
61% of Cu in industrial wastewater was released into rivers or drainages [32]. To facilitate
appropriate water resource use, irrigation water surplus was returned (i.e., return water).
Investigation revealed that return water in the irrigation area of Shihmen Management
Office accounted for 20% of the overall water resource [30], leading to the possible pollution
of agricultural land downstream due to the return of polluted water sources upstream [28].
The summary results of the present study indicated that the pollution characteristics of
sediment pollution sites were consistent with those of agricultural land pollution sites (Cr
and Cu) and the characteristics of sediment pollution sites were similar to pollution sources
(Cr, Cu, and Pb), suggesting similar sources of pollution at the sediment and agricultural
land pollution sites. Therefore, the main cause of sediment pollution accumulation in
Taoyuan was inferred to be the irrigation canals (rivers or drainages) affected by industrial
pollution and return water utilization.

3.2.3. Analysis of Sediment Pollution and Possible Pollution Sources in Changhua

Sediment pollution sites, irrigation canals, areas with different irrigation sources, agri-
cultural land pollution sites, possible pollution sources, and surface waters in Changhua
are plotted in Figure 9. Most waterways in Changhua were planned as municipal or
business drainage. The north and south sides of the research area were the Wu River and
the Zhuoshui River, respectively. In addition to the two rivers, multiple drainages were
categorized as irrigation canals in Changhua. Dividing the irrigation area according to wa-
ter sources renders single water source areas (Wu River, Zhuoshui River, and Jiuzhuoshui
River Drainage trunk line), double water source areas (Wu River and Yangzicuo Drainage
trunk line, Zhuoshui River and Yuliao River Drainage trunk line, and Jiuzhuoshui River
Drainage trunk line and Zhuoshui River), and triple water source areas (Jiuzhuoshui River
Drainage trunk line, Zhuoshui River, and Wanxing Drainage trunk line). Sediment and
agricultural land pollution sites categorized according to water sources are shown in Table
3. Most sediment pollution sites were irrigation canals with water sources from the Wu
River and the Wu River + Yangzicuo Drainage trunk line. The irrigation area of the Wu
River contained two sediment pollution sites, and the pollutants from the two sources,
respectively, were Cr, Cu, Ni, Pb, and Zn, and Cr, Cu, and Ni. The irrigation area with the
Wu River and Yangzicuo Drainage trunk line as the water sources contained five sediment
pollution sites, of which three had Cr, Cu, Ni, Pb, and Zn; one had As, Cr, Cu, Ni, and Zn;
and one had Cu and Ni. Aside from As, the pollutants in the two irrigation areas were
quite similar.
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Figure 9. Distribution of the sediment and agricultural land pollution sites as well as possible pollution sources in

Changhua County.

Table 3. Summary of the sediment and agricultural land pollution sites of different water sources.

Jiuzhuoshui River Drainage Trunk

Wu River Wu River/Yangzicuo Drainage Trunk Line Line/Zhuoshui River

Water Source Sediment Sediment Agricultural Agricultural Sedi Sedi Agricultural Agricultural Agricultural Agricultural

Pollution Sites Pollution Sites Land Pollution Land Pollution Pollution Sites Pollution Sites Land Pollution Land Pollution land Pollution Land Pollution
Number Ratio Sites Number Sites Ratio Number Ratio Sites Number Sites Ratio Sites Number Sites Ratio
Cu 0 0% 287 20% 0 0% 473 63% 0 0%

Cr, Cu, Ni, Zn 1 50% 538 38% 4 80% 22 3% 0 0%
Cu, Ni 0 0% 175 12% 1 20% 60 8% 0 0%
Cu, Zn 0 0% 68 5% 0 0% 129 17% 1 50%

Cu, Ni, Zn 0 0% 159 11% 0 0% 47 6% 0 0%
Cr, Cu, Ni 1 50% 118 8% 0 0% 1 0% 0 0%

€d,Cx Cu Ny 0 0% 43 3% 0 0% 0 0% 0 0%

Cr, Cu, 0 0% 8 1% 0 0% 7 %o 1 50%

Cd, Cr, Cu, Ni 0 0% 11 1% 0 0% 0 0% 0 0%
Cr,Cu, Zn 0 0% 8 1% 0 0% 0 0% 0 0%
Cd, Cu, Ni, Zn 0 0% 7 0% 0 0% 1 0% 0 0%
Cu, Pb, Zn 0 0% 0 0% 0 0% 6 1% 0 0%
Cd, Cu, Ni 0 0% 4 0% 0 0% 0 0% 0 0%
Cd, Cu, Ni, Pb 0 0% 1 0% 0 0% 0 0% 0 0%
As, Cu 0 0% 1 0% 0 0% 0 0% 0 0%

As Cr Cu N 0 0% 1 0% 0 0% 0 0% 0 0%

As, Cu, Zn 0 0% 0 0% 0 0% 1 0% 0 0%

As € Cu N 0 0% 1 0% 0 0% 0 0% 0 0%

Cu, Hg 0 0% 0 0% 0 0% 0 0% 0 0%
Cu, Ni, Pb 0 0% 1 0% 0 0% 0 0% 0 0%
Total 0 100% 1431 100% 0 100% 747 100% 2 100%

Note

: An absence of irrigation water source indicates that no agricultural land pollution site was identified in the irrigation area.
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In all, 2501 agricultural land pollution sites in Changhua contained Cu. The agricul-
tural land pollution sites in the Wu River irrigation area accounted for 57% (1431 sites)
of all the Cu-containing agricultural land pollution sites in Changhua. Many in the irri-
gation area (38% or 538 agricultural land pollution sites) contained Cr, Cu, Ni, and Zn.
Approximately 20% of the sites (287) presented only Cu. Approximately 12% (175 sites)
and 11% (159 sites) of the agricultural land pollution sites contained the patterns of Cu + Ni
and Cu + Ni + Zn, respectively. The agricultural land pollution sites in the Wu River and
Yangzicuo Drainage trunk line irrigation area accounted for approximately 30% (747 sites)
of all the Cu-containing agricultural land pollution sites. In this area, most (63%, 473 sites)
agricultural land pollution sites contained Cu pollution, followed by those presenting the
patterns of Cu + Zn (17%, 129 sites), Cu + Ni (8%, 60 sites), and Cu + Ni + Zn (6%, 47 sites).
The pollution patterns of the sediment and agricultural land pollution sites implied that
the main pollutants were Cr, Cu, Ni, and Zn. Pb, which exhibited a trend similar to that
in Taoyuan, which was found in sediment pollution sites but not in agricultural land
pollution sites.

According to the heavy metal mass of the release of various receiving waters between
2014 and 2019 (shown in Table 4), the main irrigation water sources of sediment pollution
sites were the Wu River and the Yangzicuo Drainage trunk line. The mass of release of Cu
into the Yangzicuo Drainage accounted for 51% of the total amount of mass of release of
Cu. Although the mass of release of Cu was only 3% in the Wu River, the receiving waters
for 38% of the Cu release were not clearly recorded. Regarding the Cr mass of release, 33%
and 7% entered the Yangzicuo Drainage trunk line and the Wu River, respectively. For
the Ni mass of release, 9% and 2%, respectively, entered the Yangzicuo Drainage trunk
line and the Wu River; whereas the receiving waters for 79% of the Ni release were not
recorded. Regarding the Zn mass of release, 22% and 9% entered the Yangzicuo Drainage
trunk line and the Wu River, respectively. The results revealed that irrigation water sources
were the main receivers of wastewater. A study in 1999 noted that if an annual mean of
water conductivity of greater than 750 pmho/cm indicated water pollution, as recorded
during the period 1979-1996, then 46%-86.2% of irrigation water was contaminated in
Changhua [33]. Figure 9 presents the spatial distribution of possible pollution sources. The
distribution suggests that considerable possible pollution sources existed in the irrigation
areas of the Wu River and the Zhuoshui River. Historical survey data revealed that along
the bank between upstream and downstream areas of the Yangzicuo Drainage trunk line,
many unregistered illegal electroplating factories secretly discharged unprocessed waste
solutions into the Yangzicuo Drainage trunk line at midnight. Numerous environmental
auditing results have revealed that most heavy metal pollution in Changhua was from the
illegal discharge of wastewater by legal electroplating factories and unauthorized pipelines
installed by illegal factories [34]. In addition, many irrigation canals were discovered to
be using return water [34], which further resulted in the polluted water affecting the soil
quality of agricultural land downstream. Therefore, considerable irrigation from drainages
or rivers affected by industrial pollutants and the presence of both legal and illegal factories
in the irrigation area were the main causes of sediment pollution in Changhua.

226



Minerals 2021, 11, 416

Table 4. The mass of release, the ratio of heavy metal released in single water source, and the ratio of single heavy metal

released among water bodies in Changhua.

Mass of Release (kg)
River/Drainage Basin As Cd Cr Cu Hg Ni Pb Zn Total
Yangzicuo Drainage 3 1 928 3988 0 881 35 2421 8257
Others 189 0 573 2964 4 8055 140 6287 18212
Erlin River Drainage 0 0 146 397 0 762 0 504 1810
Wu River 0 0 189 270 0 212 1 969 1640
Yuanlin Drainage 1 1 721 190 0 129 5 238 1283
Wanxing Drainage 0 0 12 21 0 13 0 84 131
J iuz}gﬁﬁgiggiver 0 0 261 8 0 115 2 299 684
el o0 7 0 s 0w w
Maoluo River 0 0 0 0 0 0 0 0 0
Total 193 2 2832 7845 4 10,170 182 10,839 32,067
Ratio of Heavy Metal Released in Single Water Source (%)
River/Drainage Basin As Cd Cr Cu Hg Ni Pb Zn Total
Yangzicuo Drainage 0% 0% 11% 48% 0% 11% 0% 29% 100%
Others 1% 0% 3% 16% 0% 44% 1% 35% 100%
Erlin River Drainage 0% 0% 8% 22% 0% 42% 0% 28% 100%
Wu River 0% 0% 12% 16% 0% 13% 0% 59% 100%
Yuanlin Drainage 0% 0% 56% 15% 0% 10% 0% 19% 100%
Wanxing Drainage 0% 0% 9% 16% 0% 10% 0% 64% 100%
J iuZ}gr‘;Siﬂ‘al;?"er 0% 0% 38% 1% 0% 17% 0% 44% 100%
Sucbzsiincﬁfr‘;gf;‘i’rzge 0% 0% 3% 14% 0% 6% 0% 77% 100%
Maoluo River 0% 0% 0% 63% 0% 0% 0% 38% 100%
Total 1% 0% 9% 24% 0% 32% 1% 34% 100%
Ratio of Single Heavy Metal Released among Water Bodies (%)
River/Drainage Basin As Cd Cr Cu Hg Ni Pb Zn Total
Yangzicuo Drainage 2% 41% 33% 51% 0% 9% 19% 22% 26%
Others 98% 9% 20% 38% 100% 79% 77% 58% 57%
Erlin River Drainage 0% 0% 5% 5% 0% 7% 0% 5% 6%
Wu River 0% 0% 7% 3% 0% 2% 0% 9% 5%
Yuanlin Drainage 0% 49% 25% 2% 0% 1% 3% 2% 4%
Wanxing Drainage 0% 1% 0% 0% 0% 0% 0% 1% 0%
J iuz}gﬁiﬁgﬁiver 0% 1% 9% 0% 0% 1% 1% 3% 2%
Sug;?(ﬁi;gﬁ‘i’gge 0% 0% 0% 0% 0% 0% 0% 0% 0%
Maoluo River 0% 0% 0% 0% 0% 0% 0% 0% 0%
Total 100% 100% 100% 100% 100% 100% 100% 100% 100%
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4. Conclusions

Taiwan completed its first heavy metal detection survey in sediments in irrigation
canals in 2019, during which a total of 292 data were collected. Compared with rivers and
reservoirs, sediment heavy metal concentrations in irrigation canals, especially Cu, were
substantially higher. A division by counties and cities revealed that most sites with high Cu
concentrations in sediments were located in Taoyuan City and Changhua County, where
60% (15/25) of sediment pollution sites were discovered to contain a high Cu content, and
91% (5106/5589) of agricultural land pollution sites were recorded to contain Cu.

The sediment pollution sites, Cu-containing agricultural pollution sites, and pollution
sources in Taoyuan and Changhua were compared. Notably, the heavy metal release
items of sediment pollution sites and possible pollution sources upstream in Taoyuan
were consistent; both contained Cr, Cu, and Pb. In addition, the proportion of Cu mass
of release was considerably high (86%). The sediment pollution sites in Changhua were
with the main pollutants being Cr, Cu, Ni, Pb, and Zn and the main pollutants in agri-
cultural land pollution sites were Cr, Cu, Ni, and Zn. These results revealed that the
pollution characteristics in sediment pollution sites, agricultural land pollution sites, and
pollution sources were highly consistent. We also noticed that return water irrigation
may compromise downstream irrigation water quality because of polluted water returned
upstream. The results indicated that the primary cause of sediment pollution in Taoyuan
might be irrigation water sources from polluted rivers or drainages and return water.
For Changhua, irrigation sources included drainages that receive the discharge of most
wastewater pollution in the county. Incidences of return irrigation and illegal discharge
of wastewater were reported in certain regions, which polluted sediments in Changhua.
Results from this study establish a valuable linkage of the distribution of Cu and common
heavy metal pollutants in the sediments of irrigation canals, polluted agricultural sites,
and these potential heavy metal sources to understand the possible causes of sediment
pollution. These results also demonstrate the importance of the adequate management of
irrigation and drainage systems to prevent the accumulation of Cu and common heavy
metal pollutants in sediment and its subsequent pollution to farmland.

Supplementary Materials: The following are available online at https:/ /www.mdpi.com/article/
10.3390/min11040416/s1, Table S1: Supporting information of the box-and-whisker plot analysis
of sediment quality in irrigation canals, rivers, and reservoirs based on Cu concentration, Table S2:
Supporting information of the box-and-whisker plot analysis of Cu concentration in irrigation canal
sediment sampling sites in various counties and cities in Taiwan, Table S3: Supporting information
of heavy metal statistics of irrigation canals in Taiwan.
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Abstract: The background value of cadmium (Cd) in soil and water sediments in the karst area
is 0.31 mg kg_l, with a typical high background of cadmium geochemistry. It is well-known that
Cd is classified as a highly toxic metal. Therefore, at the Yelang reservoir in Guizhou province,
eco-toxicological tests were carried out using Daphnia pulex. The Geo-Accumulation Index and
Potential Ecological Risk Index were used to assess the environmental risk of Cd in sediments. The
Cd contents in the sediments of Yelang reservoir ranged from 2.51 to 5.23 mg kg ™!, while the LCs
values of the acute toxicity test of Daphnia pulex and Cd at 24, 48, 72, and 96 h were 1.17, 0.50, 0.24,
and 0.12 mg L~!, respectively, giving a Safe Concentration threshold of Cd of 1.20 x 1073 mg L~! in
the water body. Based on curve fitting the solid-liquid two-phase distribution model of cadmium
in Yelang reservoir was Y = 7.59 x 1077 x X>% (R? = 0.9995). The safety threshold sediment Cd
concentration was 103 mg kg~!, and was much higher than the Cd content in the sediment of the
Yelang reservoir. The Geo-Accumulation Index (Igeo 2.432-3.491) results show that the sediments had
reached medium-strong or strong risk levels. The Potential Ecological Risk Index (E! 242.8-505.9)
reached a very high or extremely high-risk level. However, due to high concentrations of Ca?* and
Mg?*, and the pH being in the neutral-alkaline range of water body in karst areas, the Daphnia
ecotoxicology evaluation method showed slight ecological risk, quite different from other assessment
results, thus this method could be considered to use in such areas.

Keywords: cadmium; sediment; Daphnia pulex; ecotoxicology; LCsp; ecological risk assessment;
karst areas

1. Introduction

Sediment is an important accumulation site for many natural and anthropogenic
heavy metals (HMs) [1,2]. The HMs’ concentration within the sediment is perhaps higher
in degree than the overlying water [3]. Sediments create very demanding environments for
aquatic organisms, as a results harboring pollutants that can directly influence the water
quality [2].

A group of freshwater zooplankton commonly referred to as Cladocera’s are broadly
spread in the aquatic environment, which are available in an extensive range of habitats
and are significant links in various food chains [4]. For instance, Daphnia sp. are widely
utilized to explore the acute and chronic toxicity of industrial and agricultural chemicals
in aquatic ecosystems [5]. This is evident by their relatively short life cycle, less space
requirement, adaptability to laboratory conditions, and sensitivity to a wide range of
aquatic contaminants [6] and trace quantities of toxic heavy metals in aquatic systems. The
trace elements of Cadmium are present in the aquatic environment, which usually leads to
significant negative consequences if concentrations are sufficiently raised [7]. Consequently,
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affecting the growth rate of the population of Cladocerans [8]. Moreover, acute experiments
have shown that cadmium is more toxic to daphniids in high temperature compared to
low temperature [9]. Interestingly, toxicity may decline if a greater amount of energy can
be directed to endure the toxic stress within higher food levels [10].

Numerous indexes have been put forward to assess the environmental risk of HMs
in lake sediments based on the total content, bioavailability, and toxicity. These indexes
include the enrichment factor, geo-accumulation index, pollution index, potential ecological
risk index (RI), and so on [11-13]. However, the different evaluation indexes have varying
limitations [1,14]. For instance, the Geo-Accumulation Index (Igeo) method of Miiller is
the current classical method of assessing the ecological risk of metals in sediments [15].
The Potential Ecological Risk Index (RI) method proposed by Hakanson [16], which is
based on the research theory of sedimentology, has also been widely used by researchers
both nationally and internationally to assess ecological risks of metals in sediments and
soils [11-13]. Both methods are based on the assessment of the entire amount of metals
without considering the biological effects of metals in sediments or the interaction between
water ions.

Besides the mentioned indexes above, other approaches have been suggested, such as
the development of theoretical and empirical single guidelines, evaluations of populations
and communities, interstitial water quality, tissue residue, and spiked sediment toxicity,
including laboratory and field toxicity testing of single species [1,3]. For instance, the
calculation of toxic units is one way to estimate both the concentration and potential
toxicity of multiple chemicals in sediments. The concentrations of toxicant in pore-water
are divided by the LCsg for a reference organism [1,3,17]. These laboratory toxicity tests
are of great importance, because they provide information for determining and managing
decisions and the consequences of these decisions. Moreover, these tests are critical to
the establishment of effective prediction of genuine benthic effect in the environment
and the development of appropriate guidance for their application within a regulatory
framework [1,3,17,18]. However, very few studies have attempted to compare and combine
indexes, including the geo-accumulation index, and potential ecological risk with the LCsq
Daphnia Pulex toxicity test to assess the environmental risk of HMs and detect the specific
effects of chemicals on living organisms in lake sediments. These methods will provide
adequate information to analyze and understand the ecotoxicology and biotoxic effects of
HMs on zooplankton. Thus, an inclusive risk assessment should be given consideration
based on a comparison among these indexes.

Guizhou province, located in the southwest of China, is an abnormal geochemical
region with respect to cadmium (Cd), representing high background levels of metals [19,20].
For instance, Ling [21] has shown statistically that the geochemical background value of
Cd in soils and sediments in Guizhou Province is 0.31 mg kg~ !. This is higher than in non-
karst regions and is 2.46 times higher than the average value of water sediments in China
0.126 mg kg—1 [22]. Several studies have found that Cd is the leading metal pollutant in
various karst lakes, with very high ecological risks [20,22]. The primary objective of this
study is to assess the ecological risk of Cd in sediments of Yelang reservoir located in the
Guizhou Province based on the D. pulex acute toxicity test. A comparative analysis of Geo-
Accumulation Index (Igeo) and Potential Ecological Risk Index methods were conducted
to provide additional references for environmental and ecological risk assessment.

2. Materials and Methods
2.1. Study Area

Yelang reservoir is located 35 km North of Anshun City, Guizhou Province, in the
middle of Sancha Lake, north of Puding County. The reservoir area is about 20 square
kilometers, and the water storage is about 420 million cubic meters. Its upstream tributaries
into the lake are mainly Sancha Lake and Boyu Lake. The main structures at Yelang
reservoir are the middle and upstream comprising Permian and Triassic carbonates, whilst
the downstream is generally Cambrian, Ordovician and Silurian carbonate. Moreover, it
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displays a highly developed karst topography that accounted for 71.5 of the area, rich
in mineral resources, mainly coal, iron, ore, copper, and aluminum-zinc. The principal
landform is agricultural land, which is practically used for sewage irrigation owing to karst
rock desertification [20]. The reservoir has been used for power generation, flood control,
tourism, and water supply. Its basic parameters are shown in Table 1.

Table 1. Basic parameters at Yelang reservoir.

Total Normal Normal

Reservoir Reservoir Catchment Flow/km? Distance/km Agela Evg tl:tleon
Capacity/km® Capacity/km® Area/km? 8
4.2 2.48 19.25 33.8 238.4 24 Middle level

The above data are from [23].

2.2. Sample Collection

Sediment sampling was done from 15 randomly selected sampling points at the Yelang
reservoir in June 2016 (Figure 1). Sediment samples were collected at depths of 0-8 cm from
the sites. The collection site was divided into three areas, namely the upstream Sancha lake
area, midstream Dachuanbian and Shachong area and downstream Tianfen and Shawan
area of the reservoir. The samples were placed in bags, sealed, and taken to the laboratory
within 24 h after sampling. Prior to the collection of the sediment samples, surface water
samples were collected at the 15 sites for water characterization, major ions, and metal
analysis.
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Figure 1. Distribution of sampling sites at Yelang reservoir in Guizhou province.

2.3. Sample Determination

The samples were air-dried to remove impurities followed by grinding and later
put in a 100-mesh nylon sieve for subsequent analysis. Total cadmium in the sediment
was extracted by the HNO;_HF-HCIOy triacid digestion method and determined by
inductively coupled plasma mass spectrometer (X2 ICP-MS, Thermo Fisher Scientific,
Waltham, MA). A parallel sample was set up in the experiment to ensure the accuracy
of the measured data. The standard reference material GBW07405 (GSS5) was used for
quality control.
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For each water sample, the water temperature (t), conductivity (EC), pH, and other
parameters for the overlying water were measured using a portable multiparametric water
quality analyzer (DZB-718, Shanghai Leici Instrument Inc., Shanghai, China). The water
samples for calcium and magnesium ions analysis were acidified with high purity nitric
acid (HNO3) to a pH < 2. Moreover, the results were determined by ICP-AES (ACTIVA-M,
Horiba, Kyoto, Japan). The final results are shown in Table 2.

Table 2. Water quality parameters and main ionic composition at Yelang reservoir.

pH EC/us cm ™1 T/°C DO/mgL~1 Ca?>*/mgL~! Mg*/mgL-! HCO3; /mgL~!
7.92 535 24.6 8.35 56.44 15.15 151.87
The definitions for the abbreviations within the table are as follows; pH, Water Temperature (t), Electrical
Conductivity (EC), Dissolved Oxygen (DO), Calcium Ions (Ca?", Magnesium Ion (Mg2+), and Bicarbonate Ion
(HCO37).

2.4. Biotoxicity Experimental Design
2.4.1. Test Organism and Culture Conditions

Organism experiment and culture conditions followed the procedures of Wu [24]. D.
pulex were obtained from the Chinese Environmental Science Academy and monocultured
in the laboratory of Guizhou University. The culture was maintained at 20.0 & 0.5 °C
with a photoperiod of 14 h light:10 h dark, and light intensity was around 1200 lux. The
fresh Scenedesmus obliquus (2.0 x 10° cells/mL) was used as a daily feed. Throughout the
experiment, half the water in the culture containers was replaced three times weekly. D.
pulex neonates at 48 h of age were collected for subsequent test.

2.4.2. Test Material and Water Dilution

The culture medium was prepared following [25] with slight modifications. Basically,
tap water was oxygenated with an oxygen action machine for more than three days until
it reached DO > 8 mg L~!. The Cd?* toxin was prepared by dissolving CdCl, 2H,O
in deionized water, and the final concentration was 100 mg L~!, and kept at 4 °C. The
simulated lake water was prepared following the prescribed diluent water formula for
Daphnia—China National Standard Formula GB/T13266-1991 [26]: A total of 1 mol L1
high purity hydrochloric acid and 1 mol L~! high purity sodium hydroxide were used and
regulated in 7.8 £ 0.2 of pH.

2.4.3. Simulation of Sediment Samples with Different Concentration Gradients

The labeling method of sediment samples of different pollution gradients was simu-
lated based on [27] with slight modification. Eight beakers of capacity 1 L, each numbered
1 to 8, were used to fill the simulated sediment samples. Two hundred grams of dried and
sieved sediment was put into each beaker and filled with 800 mL of simulated lake water
at room temperature. All beakers’ contents were mixed well with a stir bar and then kept
for 3 days. After, the overlying water was poured. The 8 beakers were spiked with varying
quantities of CdCl, 0, 50, 100, 200, 600, 800, 1000, and 2000 pg mL~1 respectively. The
samples were thoroughly mixed and kept for 7 days. Next, sediments were “washed” with
clean simulated lake water every 5 days. The total Cd was measured before each washing,.
The washing involved draining most of the overlying water, refilling and stirring. The
water renewal was repeated until it stabilizes and the process was completed after 40 days.
At this point, it was observed that Cd had reached an equilibrium state between the column
water and the sediment. Sediment samples were then dried naturally for analysis.

The overlying water samples were filtered through a 0.45 um filtration membrane
before the analysis. Simultaneously, the sediment samples were digested with a mixture
of high purity HNOj3, HF, and HClOy in digested vessels. Lastly, Cd concentrations were
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analyzed by inductively coupled plasma mass spectrometry (ICP-MS, ACTIVA-M, Horiba,
Kyoto, Japan). The conditional distribution coefficient was calculated as follows:

Kp=Cs/Cw

where Cs is the Cd content in the sediment (g g_l), and Cw is the Cd concentration in the
overlying water (ug mL~1).

2.4.4. Acute Toxicity Test of Cd to Daphnia pulex in Water Bodies

Acute toxicity tests were conducted with Daphnia pulex. The test solution preparation
followed standard guidelines ISO [28]. All steps and details concerned with these tests are
reported [25]. Preliminary test was performed to determine the range of the maximum
concentration that inhibited the movement of 100% of the D. pulex. Based on the set in
equal logarithmic spacing, the toxic concentration intervals were determined, setting the
Cd?* concentration gradient to 0, 0.1, 0.18, 0.32, 0.56, 1.01, 1.82, and 3.27 mg L1 The
determination of LCsy was based on ISO [28], and Zhou and Zhang [29]. D. pulex was
first rinsed in the simulated lake water 3 times, 5 min each time. Ten neonates were
transferred to new test solutions with different concentrations of toxin solution (100 mL).
The conditions were the same as the culture conditions except for no feeding during the
test. The test was conducted at a constant temperature of 20.0 + 0.5 °C. The mortality were
defined based on sinking to the bottom of the water or does not display movement in the
container.

The Safe Concentration (SC) of cadmium was calculated based on the equation given
below:

SC=96h—LC50 X AF

AF is the application factor, which takes a value of 0.1 or 0.01 [30]. According to the
acute toxicity of the different chemical substances, cadmium is a toxic substance with a low
decomposition and high accumulation rate, hence the value 0.01 [31,32].

2.4.5. Acute Toxicity Test of Cd to Daphnia pulex in Sediments

Before the exposure experiment, two duplications of the simulated sediment, each
weighing 45 g. were mixed with 180 mL of the simulated clean lake water. After being
placed for 7 days, 40 Daphniids were put in one of the duplications exposing D. pulex to
the water—sediment system. The other duplication filled with overlying water was drained
and 40 Daphniids were added for the overlying water system experiment. D. pulex were
extracted after 72 h of exposure, and the mortality rate was recorded, according to [27]
with slight modification.

2.4.6. Measurement of the Accumulation of Daphnia pulex Body

After exposure, 10-15 D. pulex from each concentration group were taken and placed
into simulated clean lake water for 1-2 h to let the D. pulex remove the metal from the
internal organs. The D. pulex were subsequently removed and washed with distilled
water twice. The samples were dried at 80 °C and then digested with concentrated HNOj3;
(Superior purity, 68%) at 110 °C till the solution was transparent. After cooling, 2% HNO3
(high purity) was used to dilute the volume to a measurable range. The Cd concentrations
in digested organisms were analyzed by inductively coupled plasma-mass spectrometry
(ICP-MS).

2.5. Risk Assessment Method for Heavy Metals in Sediments
2.5.1. Geo-Accumulation Index Method

The Geo-Accumulation Index (Ige) is one of the most widely used methods for the
quantitative evaluation of metals in sediments. It reveals the changing characteristics of
the distribution of metals and identifies the environmental impact of human activities. It
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has been used by researchers to evaluate the risk of metals in sediments from rivers [13]
and lakes and reservoirs [12]. The calculation formula was based on [13,15] as follows:

where C; is the measured concentration of the element in the sample, k is the background
value change that may be caused by the action of natural rock formation, the overall value is
1.5, and B; is the geochemical background value of the element in the soil. The classification
standards of Miiller [15] are shown in Table 3.

Table 3. Geo-Accumulation Index (Igeo) and classification of pollution level.

Geoaccumulation Index (Igo) Rank Pollution Level
Loeo <0 0 Unpolluted

0<lger <1 1 Unpolluted to moderately polluted
1<gp <2 2 Moderately polluted
2<Igep <3 3 Moderately to strongly polluted
3<lger <4 4 Strongly polluted
4<lgep <5 5 Strongly to extremely polluted
5<Igep <10 6 Extremely polluted

2.5.2. Potential Ecological Risk Index Method

The method is relatively fast, convenient, and straightforward. It not only reveals
the impact of various pollutants in sediment environments of a particular area, but it also
reveals the combined comprehensive effects of multiple contaminants in the environment.
A single metal’s Potential Ecological Risk Index were determined by following the formula
below [16] and developed by Qi et al. [33]:

Ey =T} x Cj,
.

where E! the is potential ecological risk factors for each heavy metal; T} The toxicity

response factor for the given element of “i”, the toxicity response factor of Cd is 30 and

2,

C} the pollution coefficient of a single element of “i”; C' is the measured concentration of

heavy metal in sediment; C, which is the background value of heavy metal in sediment.
The superscript “i” indicates the specific pollutant. The classification standards are shown
in Table 4.

Table 4. Criteria for individual potential ecological risk coefficient indices (E%).

Individual Potential Ecological Risk Individual Potential Ecological Risk

Rank Index (Ei) Level
1 <40 Slight
2 40-80 Medium
3 80-160 High
4 160-320 Very High
5 >320 Extremely High

2.6. Data and Statistical Analysis

The Data Processing System (DPS 2000) was used to carry out statistical analysis of
experimental data. The probability value method was applied to obtain the corresponding
four times under the LCsy [34]. The toxicological concentration and toxic regression
equation for Daphnia mortality rate in overlying water was established, and chi-square
was tested on regression equations formula [35] using Origin 2019b. Each value signifies
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the mean of four replicates + standard deviation (SD). Levels of statistical significance are
shown as * p < 0.05 and ** p < 0.01.

3. Results and Discussion
3.1. Distribution Coefficient and Fitted Model of Cd in Simulated Sediment and Overlying
Water Systems

This crucial stage was carried out by mixing concentrated Cd and sediments. The
Cd contamination of the simulated sediment samples were obtained after simulated lake
water treatment with varying contents of Cd?*. After repeated washing, Cd reached an
equilibrium state between column water and sediment. The concentration of Cd in the
simulated sediment and the overlying water system are shown in Figure 2. When the
concentration of exogenous Cd increases, the Cd concentration in sediments and overlying
water also increase. The ranges of Cd concentration in the sediment was between 2.7
and 3530.0 mg kg~ !, while the Cd concentration in the overlying water system was 0.00—
10.40 mg kg~ !. The distribution coefficients were between 339.42 and 28,787 L kg~ !.
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Figure 2. Cadmium concentrations in simulated sediments and overlying water systems (curve fitted
by the power function).

The distribution coefficient showed a tendency to decrease because the adsorption
sites on the sediment gradually became saturated. When the Cd concentration of the
marker increases, the adsorption capacity of the sediment decreases. The Cd concentration
relationship between the two systems was fitted by the model Y = 7.59 x 1079 x X?8
(R? = 0.9995). Additionally, based on curve fitting, the solid-liquid two-phase distribution
model of cadmium in the Yelang reservoir was Y = 7.59 x 1077 x X258 (R% = 0.9995). The
safety threshold of total cadmium concentration in the sediment was 103 mg kg !, which
was used as a reference value to evaluate the ecological risk of the sediment. The cadmium
content in the sediments of Yelang reservoir was at a low level, and the environmental
and ecological risks equally low. This was similar to the prior study conducted by Luo
et al. [20], in which their finds claimed that the deposition rate of heavy metals in the
Yelang Lake sediment is higher than the release rate, and the ecological risk from heavy
metals is relatively low. When the release of heavy metals in sediments occurs, it can
speedily affect the overlying water in a short time and, consequently, affect the water
quality significantly [36].

3.2. Ecological Risk Assessment Based on Daphnia pulex Bio Toxicity Test

In this study, Daphnia pulex was selected as test organisms. The choice of D. pulex is
owed to its sensitivity to toxins and the ability of obtaining precise information. In addition,
it is recommended as a standard “Test for Acute Inhibition of Chemical Tritium GB/T
21830-2008)” [37] in carrying out such investigations.
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3.2.1. Lethal Effect of Cd** on Daphnia pulex

The sublethal concentration LCsy and lethal effect of Cd?* in D. pulex at different
times are shown in Table 5. Based on the lethal effect of Cd** on D. pulex, the sublethal
concentration values and toxicological regression equations were obtained at 24, 48, 72,
and 96 h. The results show that, along with time, the sublethal concentration indicated
a tendency to decrease gradually. In addition, the chi-square value of the toxicological
equation fitted in each period was less than the critical value (x? = 9.49). This illustrates
that the toxicological regression equation describing the bio-toxicity of Cd?* on D. pulex
was feasible. The correlation coefficients for different times were >0.90. According to the
Safe Concentration formula, SC =96 h — LCsy x AF, where AF took the value of 0.01 and
gives the Safety Concentration SC = 1.20 x 10 mg L. This value is similar to previously
reported values [32], with the sample possessing a limit of second-class water standard
of 5 x 10 mg L~!. These results are generally less than the recommended ranges of the
surface water environmental quality standard GB3838—2002 [38].

Table 5. The lethal effects of Cd2+ on D. pulex.

95% Toxicology . .
Ex.p osire LCsp/mg L1 Confidence Regression Coefﬁqent sz Chi-Square
time/h 5 . Correlation R
Interval Equation
24 1.17 0.85~1.60 y =4.89 + 1.66x 0.98 0.01
48 0.50 0.23~1.03 y =6.38 +4.47x 0.92 0.68
72 0.24 0.15~0.38 y =7.16 + 3.46x 0.97 0.23
96 0.12 0.04~0.29 y =770 + 2.80x 0.93 0.3

The fundamental concept in toxicology is the concentration-response relationship. For
instance, toxicological evaluation naturally uses estimation points such as LCsy to compare
species sensitivities [17,39]. Therefore, in this study, the 96 h LCs; values of several other
aquatic organisms were collected from previous reports and summarized in Table 6. (Due
to different experimental designs in the literature, if a species has multiple data, then only
the lowest values were collected).

Table 6. The 96 h-LCs( values of some common aquatic organisms in other studies.

Safe Concentration

Species 96 h-LCsp/mg L1 Author(s) /mg L1
Sipunculus nudus 24.328 [40] 0.24
Misgurnus anguillicaudatus 1753.8 [41] 17.54
Argopecten irradiams 3.45 [31] 0.03
Muytilus coruscus 3.1 [42] 0.03
Eriocheir sinensis 40.279 [43] 0.40
Megalobrama terminalis 3.2 [44] 0.03
Carassius auratus gibelio 26.51 [45] 0.27
Gambusia affinis 22.55 [46] 0.23
Tanichthys albonubes 4.447 [47] 0.04
Ctenopharyngodon idella 23.51 [48] 0.24
Tigriopus japonicus 6.31 [32] 0.06
Chironomus javanus 0.06 [49] 6 x 1074
Cyathura carinata 37 [50] 0.37
Rasbora sumatrana 0.1 [17] 0.001
Poecilia reticulata 1.06 0.0106
Kryptolebias marmoratus 6.43 x 1073 [51] 6.43 x 10~°
Fundulus heteroclitus 294 x 1073 294 x 1072
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Table 6. Cont.

Safe Concentration

Species 96 h-LCsp/mg L1 Author(s) fmg L1
Macrobrachium lanchesteri 0.007 7 x 1075
Stenocypris major 0.013 1.3 x 1074
Nais elinguis 0.027 2.7 x 1074
Chironomus javanus 0.06 (52] 6 x 1074
Rasbora sumatrana 0.1 1x 1073
DPoecilia reticulata 0.17 1.7 x 1073
Duttaphrynus melanostictus 0.32 32 x 1073
Melanoides tuberculata 1.49 1.49 x 1072
- Male 127.8 1.28
Eurytemora affinis Female 90.0 [39] 0.09
Orconectes juvenilis 0.06 6 x 1074
Orconectes placidus 0.037 3.7 x 1074
Orconectes virilis 3.3 53] 0.03
Procambarus acutus 0.368 3.68 x 1073
Procambarus alleni 3.07 0.03
Procambarus clarkii 0.624 6.24 x 1073

The 96 h LCsq value is found to be 6.43 x 1073-1753.8 mg L~!, and its Safe Con-
centration was evaluated based on the formula SC = 96 h — LCy; x AF (value of 0.01),
calculated as 6.43 x 107°-17.54, or 0.05-14,615 times the D. pulex 96 h LCsq (0.12 mg L™1)
and the Safe Concentration (1.20 x 10 mg L~!). In comparison to the collected aquatic
organisms mentioned above, the D. pulex is one of the most sensitive aquatic species models
in particular for cadmium toxicity [54,55]. Moreover, the 96 h LCs of some organisms
can only be obtained in harsh environments, as highlighted in the literature [51], with the
lowest value of 6.43 x 1072 mg L~!. Such a low 96 h LCs requires the ionic concentration
in the water body to be extremely low. After adding a certain amount of calcium and
magnesium ions, its value is increased significantly. In this study, it was increased from
0.23 to 23.2 mg L', which is higher than the 96 h LCsq of D. pulex. In addition, compared
to the results of other freshwater Daphnia studies, Yang [56] measured the 48 h sublethal
concentration of Cd?* 0.62 mg L~! in Daphnia carinata King (Cladocera—Daphnidae). This
is relatively close to this study with a Cd?* concentration of 48 h LCsq = 0.50 mg L.

Cadmium (Cd) is not an essential element for either plant or animal survival and
yet one of the most toxic metals [54,55]. However, similar to a previous report [57], this
study also found that the less toxicity for the tested daphniids may very likely be due to
the Cd competing with calcium (Ca?*) at enzymatic locations in organisms. The acute
toxicity of Cd D. pulex is significantly minimized by increasing calcium and magnesium
concentrations. The findings of this study is also supported by Clifford et al. [7], who
explained that the acute toxicity of CdT to D. pulex is significantly influenced by Ca and Mg,
which lower the potential risk of cadmium. Additionally, the less toxicity of the cadmium is
evident by the dominance of mobile species in well-aerated water bodies with a pH closer
to 8 [58,59]. Another possible explanation can be given using the results of researches that
focused on mRINA expression as an indicator of the response to metals. For instance, Chen
et al. [60] reported that miRNAs and metallothionein (MT) play critical roles in D. pulex
tolerance to Cd, and confirmed that, when exposed to Cd-polluted environments, aquatic
organisms can raise their tolerance to Cd in order to survive. In Daphnia pulex, different
gene expression and high gene duplication rates have been identified, which enhances its
adaptation in adverse environmental conditions [55,61].

3.2.2. Mortality Rate and Cd Accumulation of Daphnia pulex after Cd Exposure in
Both Systems

Mortality is generally the primary parameter to consider when assessing the impact
of contaminants in the environment. Trace metals are predictable by their toxic effects on
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aquatic organisms [39]. This study investigated the toxic effects of Cd on Daphnia pulex in
overlaying water and water—-sediment systems. It is generally assumed that absorption
by organisms will reduce the concentration of metals in water and thus predicted that
D. pulex only absorbs Cd from overlying water. However, because the change in the
value of Cd concentration was small, <5%, the concentration of Cd in the overlying water
system is negligible. It was assumed that the concentrations of Cd in the water during the
exposure process were constant. The mortality rate of D. pulex after exposure to pollutants
with different levels of Cd pollution is shown in Figure 3. The mortality rate of D. pulex
increases with the increase of Cd concentration in sediments. When the Cd concentration
in the sediment exceeded 1500 mg kg !, the mortality rate of D. pulex reached 100%. This
suggests that Cd in the solid phase (sediment) could also intoxicate the Daphnia pulex by
sediment mud feeding and other particles. It is supported by Caumette [14], who reported
that part of the assessed arsenic signal comes from the sediments ingested by Daphnia
pulex when the residues were analyzed with soluble arsenic after extraction. Li et al. [3]
argued that D. magna or daphniids could absorb some heavy metals, and accumulate
more Cd by assimilating solid particles. Moreover, Barton et al. [1] defended that benthic
organisms exposed to metal-contaminated sediments can accumulate metals by ingesting
contaminated sediments and other suspended particles, and by exposure to dissolved
metals in the overlying water. The overlying water systems and water—sediment systems
showed no significant difference (¢-test, p > 0.05) in the mortality rate of D. pulex. The
Cd content in the D. pulex body after exposure with different levels of Cd pollution is
shown in Figure 4. The Cd content in the D. pulex body increases with the increasing Cd
content in the sediments with significant linear correlation (Overlying water system: R
=0.936, p < 0.01; water—sediment systems: R? = 0.973, p < 0.01). It is interesting to note
that the amount of Cd in the overlying water increased along with Cd concentration in
sediment. Notably, when the Cd concentrations in sediment were 2.7 and 3530.0 mg kg~ !,
the concentrations in the overlying water were 0.00 and 10.40 mg kg~ !, respectively. This
scenario was also observed in a previous study [3]. Their study hence revealed that when
the Cd concentrations in sediment were 344.2 and 742 ug/g, the concentrations in the
overlying water were 0.531 and 1.76 mg/L, respectively. The findings of this study are
supported by the conclusions of previous researches [3,62]. The increase in mortality and
Cd accumulation in the two systems was principally owing to the rise in Cd concentration
in the overlying water (see Figure 5).
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Figure 3. The mortality rate of Daphnia pulex under different Cd pollution levels in sediments (curves
fitted by the Boltzmann function).
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Figure 4. Cadmium concentrations in Daphnia pulex under different Cd pollution levels in sediments.
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Figure 5. Highlighting the mortality rate of Daphnia pulex under different Cd pollution levels in
sediments.

3.3. Cadmium Content in Sediments of Yelang Reservoir

The Cd content in the sediments is shown in Table 7. The content ranges from
2.51 to 5.23 mg kg ! and the average value was 3.95 mg kg~!. The obtained values
clearly indicated that the samples exceeded the screening value of soil pollution risk
on agricultural land and partly greater than the environmental quality control value
of 0.6 mg kg’1 (GB15618-2018, China) [63]. The Cd content in the middle stream and
downstream was smaller than the upstream, which could very likely be due to the larger
storage area in the middle stream compared to the upstream and downstream. After
an absolute reduction, the risk rates of the downstream and midstream were low. The
source of cadmium concentration at the Yelang reservoir is mainly from anthropogenic
activities, including domestic, agricultural and mining wastes, sewage discharge, and
natural factors such as the influence of carbonate rocks of the karst terrain and its high
geological background.

3.4. Ecological Risk Assessment Based on Sedimentology

The evaluation results of Cd content in the sediments of the Yelang reservoir by the
Geo-Accumulation Index method are shown in Table 7. The index ranges from 2.432 to
3.491 and the contamination levels reached classes III and IV, suggesting medium-strong
and strong risk levels. The degree of Cd pollution in the middle stream is lower than in the
upstream and downstream due to the large volume of water which tends to lower potential
risk of the Cd contents.

The Potential Ecological Risk Index method evaluation of the Cd content of the
sediments of the Yelang reservoir are shown in Table 7. The risk index ranges from
242.8 to 505.9 with an average value of 381.8, suggesting that the risks were between
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very strong and extremely strong. The results were identical to the evaluation results
of the geo-accumulation index method. There were differences in pollution levels at the
upstream, middle, and downstream, such that the hazard index was in the order midstream
< downstream < upstream.

Table 7. Concentration and evaluation results of Cd in sediments at the Yelang reservoir.

. Concentration Classification of . .
Sampling £Cd/ I G lati Ei Potential Ecological
Site ° K 711'ng 8eo €oaccumulation r Risk Level
g Index

1 413 3.15 4 399.3 Extremely strong

2 3.9 3.068 4 377.4 Extremely strong

3 4.19 3.17 4 405.1 Extremely strong

4 418 3.168 4 404.5 Extremely strong

5 4.25 3.191 4 410.9 Extremely strong

6 4.45 3.259 4 430.6 Extremely strong

7 3.69 2.989 3 357.2 Very strong

8 4.43 3.253 4 429.1 Extremely strong

9 2.74 2.557 3 264.8 Very strong

10 4.22 3.18 4 407.9 Extremely strong

11 2,51 2.432 3 242.8 Very strong

12 5.23 3.491 4 505.9 Extremely strong

13 2.8 2.592 3 271.3 Very strong

14 5.04 3.439 4 488.1 Extremely strong

15 3.43 2.884 3 332.1 Extremely strong

The results obtained from the Geo-Accumulation Index method and the Potential
Ecological Risk Index method showed that the Cd risk of the Yelang reservoir has reached
a high-risk level. The Geo-Accumulation Index method pays more attention to the total
amount of metals [64]. The Potential Ecological Risk index method combines metal toxicity,
the local metal background value, the general migration and transformation law in the
sediments, and evaluation of the regional sensitivity to metal pollution [11,65]. Both
evaluation methods were based on the total amount of metals.

A large quantity of Ca, Mg, and other alkaline soil metal ions in carbonate rocks in
karst areas enter the water body through erosion, weathering, and transportation, thereby
increasing the contents of Ca®* and Mg?*. Furthermore, a significant amount of calcite and
dolomite, among others, consume some H* in the aqueous solution during the dissolution
process, causing the pH of the water body to become weakly alkaline, thereby inhibiting
the effectiveness of Cd [51,57]. Many studies [32,51] have confirmed that the bio-toxicity
of metals will decrease with increasing pH and hardness of water bodies. Shi [66] and
other authors who studied karst areas have found that Ca** and Mg?* contained in water
bodies can antagonize the biological toxicity of metals, increasing the 96 h LCsq of the
Daphnia. Xiong [67] confirmed that, along with the increase in the water body’s hardness,
the sublethal concentration (96 h LCsp) and Safe Concentration of Cd on Gobiocypris rarus
both increased significantly, showing that the hardness of a water body can effectively
reduce the acute toxicity of cadmium in organisms.

3.5. Analysis of the Application of Ecological Risk Assessment Methods for Cadmium in Karst Lake
Reservoir Sediments

The sediment quality evaluations were mainly focused on specific chemical analysis
(Cd) results, and the results obtained are an accurate reflection of its effects on the aquatic
animals at the Yelang reservoir. The sediment metal risk assessment system is a large-
scale system that integrates a variety of uncertainties, such as randomness, greyness,
uncertainty, and ambiguity [11,68,69]. The application of conventional assessment methods
without analysis cannot accurately reveal the real situation of the metal pollution level of
sediments [12]. In recent years, some researchers have improved these methods [12,33,70]
to make them favorable and adequately applicable. During the assessment of ecological
risks in karst areas, the particularity of the region should be taken into account for the
evaluation results to be more accurate. However, the biological toxicity test method directly

242



Minerals 2021, 11, 650

References

revealed the toxic effect of Cd on D. pulex, and did not require considering the particularity
of the regional environment. This study only conducted preliminary toxicity tests and did
not consider the effects of biomicroscopy. Further studies are required to assess whether
further ranks of consumers in the food chain will produce any ecological risk.

Although karst areas are an abnormal geochemical region with respect to cadmium
(Cd), due to the high concentration of Ca?* and Mg?* and the pH remains in the neutral-
alkaline range of water body, the Daphnia pulex ecotoxicology evaluation method showed
slight ecological risk, which is quite different from other methods used for environmental
risk assessment, thus the method could be considered to use in such areas.

4. Conclusions

The sediment quality evaluations were mainly focused on specific chemical analysis
(Cd) results, and the results obtained are an accurate reflection of its effects on the aquatic
animals at the Yelang reservoir. The sediment toxicity experiment was carried out by
mixing concentrated Cd and sediments. Based on the bio-toxicity experiment, it was
deduced that the Safe Concentration threshold of Cd in the sediment was 103 mg kg~ !.
The cadmium contents in the sediment of the Yelang reservoir ranged from 2.51 to 5.23 mg
kg~ !. The Geo-Accumulation Index and the Potential Ecological Risk Index showed that
the water environment of the Yelang reservoir had strong to extremely strong ecological
risks. However, due to the high concentration of Ca** and Mg?* and that the pH remains
in the neutral-alkaline range, the Daphnia pulex ecotoxicology evaluation method showed
slight ecological risk, which is quite different from the current available for environmental
risk assessment, thus the method can be considered for use in the karst area. This study
only conducted preliminary toxicity tests and did not consider the effects of biomicroscopy,
further studies are required to assess whether further ranks of consumers in the food chain
will produce any ecological risk.
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Abstract: In this study, the sequential extraction method was applied to extract selected potentially
toxic elements (PTEs) (Cd, Cr, Cu, Fe, Ni, Pb and Zn) in river sediments collected from the Blood
River situated in Seshego area, Limpopo Province, South Africa. The study aimed to assess a
possible trend of mobilisation of these elements from sediment to water. The accuracy of the
sequential extraction method was confirmed by analysing sediment-certified reference material,
and quantitative percentage recoveries ranging from 86 to 119%, 81 to 111% and 77 to 119% were
achieved for exchangeable, reducible and oxidisable fractions, respectively. The potential risk of the
PTEs in sediments was evaluated. The calculated values of contamination factor (CF) as well as risk
assessment code (RAC) for Cd, Cu, Ni and Pb revealed the mobility of these elements. The PTEs
in river sediments are at a high toxicity-risk level and could therefore cause a threat to organisms
dwelling in sediments and humans via consumption of crops irrigated with the polluted river water.

Keywords: contamination factor; potentially toxic elements; risk assessment code; sediment; sequen-
tial extraction

1. Introduction

Potentially toxic elements (PTEs) are known to be adsorbed directly to the sediments
of the water system. However, some of these elements may not be permanently bound by
the sediments. The changes in environmental conditions, namely acidification, the redox
potential or concentrations of organic ligand can initiate leaching of PTEs from sediment to
overlying water, which adversely affects the aquatic environment [1]. The sediments are a
sink of pollutants, including PTEs that make sediments as key components of water-quality
studies [2]. The risks associated with sediments contaminated by PTEs strongly relate
to their specific chemical fractions and binding states. Furthermore, factors such as the
sediments’ nature, grain size, and properties of adsorbed particles as well as of the element
could influence the mobility of PTEs in sediments [3]. The measurement of total elemental
concentrations cannot give sufficient information regarding the mobility, bioavailability
and toxicity of the PTEs. These properties depend on the chemical forms of the element
in the different parts of the sample [4]. Therefore, fractionation of PTEs in sediments by
sequential extraction is helpful to understand their source, mode of occurrence, mobility
and bioavailability [5].

Sequential extraction methods have been widely used to extract PTEs in solid samples
such as soil, sediment, sludge and solid wastes based on their leachability [6-10]. Sequential
extraction provides information that helps in identifying the major sites of binding as well
as the phase associations of PTEs in river sediment. This could assist us in understanding
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the processes that govern mobilisation of PTEs and potential risks associated with their
mobilisation [1].

In South Africa, rivers, artificial lakes and groundwater are under rising stress due
to ongoing pollution caused by industrialisation, urbanisation, mining and agriculture
activities as well as electricity generation using coal [11]. Although mining is a substantial
contributor to the pollution of water bodies in South Africa [12], contamination from other
sources cannot be ruled out. The pollution of the Umtata River in South Africa by PTEs
from different sources was reported [13]. These sources include agricultural runoff in the
catchment together with contributions from natural and point sources. The coal mine
in Lephalale releases dust containing PTEs that could deposit in the Mokolo River as
pollutants [14]. This study focused on the Blood River in Seshego, South Africa, which
is heavily contaminated by municipal and domestic wastes. Furthermore, runoff from
urban areas and wastewater arising from human activities in residential and commercial
establishments could be the potential source of PTEs in the Blood River. The aim of this
study was to sequentially extract and quantify the levels of selected PTEs (Cd, Cr, Cu, Fe,
Ni, Pb and Zn) in river sediments obtained from the Blood River in Limpopo Province,
South Africa. Moreover, the contamination factor (CF) and risk assessment code (RAC)
were calculated to evaluate the associated risks to the aquatic ecosystem.

2. Materials and Methods
2.1. The Justification of Study Area Selection

The Blood River is located in the Seshego area about 14.5 km away from Polokwane,
the capital city of Limpopo Province. The river originates in the west of the Polokwane
municipal area. The municipal and domestic wastes, presence of illegal dumping sites close
to the river banks, lack of waste removal services and absence of storm water drainage
among others contribute to the contamination of the Blood River [15]. During the sampling
period, dumping sites near different parts of the Blood River, sand mining activities and
direct discharge of effluents into the river were observed and as results, sewage effluents can
introduce other chemicals and PTEs into the water system. Therefore, the aforementioned
wastes and anthropogenic activities could possibly elevate the levels of PTEs in the Blood
River. Sampling sites in the Blood River are shown in Figure 1.

2.2. Reagents, Standard Reference Materials and Standards

Ultrapure deionised water of 18.2 M().cm resistivity, acquired from Milli-Q water
purification system (Shanghai Carrex Analytic Instrument Co., Ltd., Shanghai, China) was
used for rinsing glassware and diluting solutions. Reagents of 65% HNO3, 35% H,O, and
37% HCI purchased from Merck (Darmstadt, Germany) were used for mineralisation of
river sediments.

A 1000 mg L~! standard solution (Sigma-Aldrich® Chemie GmbH, Buchs, Switzer-
land) was used for preparation of calibration standards. Certified reference materials
SRM 8704 Buffalo River sediments and CRM 280R Lake sediments NIST (Gaithersburg,
MD, USA) were used to evaluate the accuracy of the method utilised for quantification
of pseudo-total concentrations of PTEs in river sediments. A BCR-701 certified reference
material of sediment obtained from NIST (Gaithersburg, MD, USA) was used for the
validation of the sequential extraction procedure.
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"| Sampling Sites

Figure 1. Map of the Blood River showing 10 sampling sites.

2.3. Apparatus and Instrumentation

A mechanical shaker, a centrifuge and an ultrasonic bath purchased from Lenton
Furnaces & Scientific Co. (Johannesburg, South Africa) were used to agitate the sediment
samples in the centrifuge tubes for extraction of PTEs, for centrifugation of extracts and
for agitating the sediment samples along with the supernatant liquid before transferring
the liquid to a vial, respectively. A microwave digestion system (CEM Corporation MARS
5, Matthews, NC, USA) was used for mineralisation of the PTEs in river sediments. The
measurement of total concentrations of PTEs in river sediments was done by inductively
coupled plasma-mass spectrometry (ICP-MS) purchased from PerkinElmer (Elan 6100,
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Regensburg, Germany). The sequentially extracted PTEs were quantified using inductively
coupled plasma-atomic emission spectrometry (ICP-AES) purchased from Shimadzu (ICPE-
9000, Columbia, MD, USA). Total concentration of iron in sediment samples was quantified
using flame-atomic absorption spectrometry (F-AAS) purchased from PerkinElmer (PinAA-
cle 500, Syngistix, Singapore).

2.4. Sample Collection and Preservation

Sediment samples were obtained from about a depth of 20 cm from the surface of the
sediment at 10 sampling points along the Blood River. A convenience sampling method
was followed based on the accessibility of the sampling point. From each sampling point,
about 500 g of sample was collected and placed in polyethylene bottles. The sediment
samples from each sampling site were air-dried at room temperature. An agate mortar and
pestle were used to grind the dried river sediments. The ground samples were sieved using
a 100 pm sieve mesh and kept in polyethylene bottles until extraction and mineralisation
of PTEs.

2.5. Sample Preparation
2.5.1. Microwave-Assisted Acid Digestion (Method A)

The fine powdered sediment samples of 0.250 g were mineralised using a microwave-
assisted acid digestion system for total elemental determination by ICP-MS. A mixture of
reagents containing 2 mL HNOj3, 2 mL HyO; and 2 mL HCl yielded complete digestion
of sediment samples. The microwave-based digestion conditions included temperature
control with maximum temperature of 150 °C, 20 min ramp, 20 min hold, 800 psi pressure
and 1600 W power.

2.5.2. A Sequential Extraction Procedure (Method B)

The BCR sequential extraction procedure reported by Castillo et al. [17] was adopted
in this study with slight changes. This method entails three extraction stages and is
described as follows. During stage 1 of the BCR protocol, 1.0 g of powdered and sieved
sediment sample was weighed into a pre-cleaned 50 mL centrifuge tube. A 40 mL of
0.11 mol-L~! acetic acid was transferred into the centrifuge tube, and the content was
shaken for 16 h using the mechanical shaker. The separation of extraction solution from the
residue was done by centrifugation at 3000 rpm for 15 min and followed by decantation
of the supernatant liquid. This was followed by washing the residue with 4 mL acetic
acid (0.11 mol-L~1) and shaking for 15 min at 3000 rpm in the centrifuge. Further washing
was performed, and the latter was then removed with a pipette and combined with the
extracted fraction. The mixture was finally transferred into a 50 mL centrifuge tube topped
to the mark with deionised water and kept in a refrigerator at 4 °C till analysis. The residue
was used to proceed with stage 2 of the procedure.

In stage 2, 40 mL hydroxylamine hydrochloride of 0.50 mol-L~! was added to the
residue from stage 1 and shaken for 16 h in a mechanical shaker. Washing was carried out
as in stage 1, and the extracted fraction was stored in a refrigerator until analysis while the
residue was used in stage 3 for further extraction.

In stage 3, the residue from stage 2 was mixed with 10 mL hydrogen peroxide of
8.8 mol-L~!, and the centrifuge tube was covered and left to react for 1 h at room tempera-
ture. Further extraction was done for 1 h at 80 °C in an ultrasonic bath, and the volume was
reduced by additional heating of the solution. A 10 mL aliquot of 8.8 mol-L~! hydrogen
peroxide was added and was heated to 80 °C for 1 h while the vial was covered. After
removing the cover, the volume was reduced to a further ~ 2-3 mL by heating. About
40 mL ammonium acetate of 1.0 mol-L~! was mixed with the cool residue and the PTEs
were extracted following stage 1 procedure. A change in the pH of solutions from 2 to
1.5 was implemented after low percent recoveries were observed in the second and third
stages of sequential extraction.
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1.0 g sample +40
mL of 0.11 mol/L
CH«COOH, 16h,
3000 rpm
centrifuge for 15
min, residue
washed with 4 mL
of solution

An additional fourth stage was added in which the residue was mineralised following
the procedure described in method A. The solution was topped to 50 mL with deionised
water and stored in a refrigerator until analysis. A flow diagram of the BCR sequential
extraction method is shown in Figure 2.

=

3000 rpm centrifuge ==
for 15 min, residue
washed with 4 mL

Analysis by

ICP-AES

Residue 1 +40 mL
of 0.500 mol/L
NH:0H.HC], 16h,

8.8 mol/L H202, 1h
room temp. 1h
extraction at 80 °C
ultrasonic bath, 3000
rpm centrifuge for 15

of solution min, residue washed
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/ Residue 2 + 10 mL of\

- 3000 rpm centrifuge

40 mL of 1.0 mol/L
NH4CHACO:2 16h,

for 15 min, residue
washed with 4 mL of

/

All extracts diluted to
50 mL with de-
ionised water

solution

Residual 3 +2 mL
HNOs, 2 mL H:20:,
2mL HCI

Microwave-assisted
acid digestion

Figure 2. Flow diagram of BCR sequential extraction method.

2.6. Sample Analysis

Sample analyses were conducted using ICP-MS for measurement of total concentra-
tions of PTEs in sediments, ICP-AES for quantification of sequentially extracted PTEs and
F-AAS for determination of total concentration of iron in river sediments. The instrumental

conditions are summarised in Table 1.

Table 1. Operating conditions of ICP-MS, ICP-AES and F-AAS.

ICP-MS Parameters

ICP-MS Operating Conditions

Lens voltage (V) 10
RF power (W) 1150
Flow rate of plasma gas (L-min~1) 12
Flow rate of nebuliser gas (L-min~1) 0.95
Flow rate of auxiliary gas (L-min—1) 1.2
ICP-AES Parameters ICP-AES Operating Conditions
RF power (W) 1200
Flow rate of plasma gas (L-min~!) 10
Flow rate of nebulizer gas (L-min~!) 0.7
Flow rate of auxiliary gas (L-min~') 0.60
View direction Axial
View position Low

F-AAS Parameters

F-AAS Operating Conditions

Flow rate of air (L-min~1)
Flow rate of acetylene (L-min~1)

10.0
3.30

2.7. Determination of Limit of Detection and Limit of Quantification

The limit of detection (LOD) and limit of quantification (LOQ) values were determined
using six blanks, which were prepared following the same procedures of the analytical
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methods. The values of LOD and LOQ for each analyte were computed based on three and
ten times the standard deviation of the six blank measurements, respectively [14].

2.8. Analytical Data Quality Assurance/Quality Control

Standard reference materials (SRM 8704 Buffalo River sediments and BCR 280R Lake
sediments) were used to check the accuracy of PTE concentrations in the river sediments.
The BCR-701 certified reference material was used to confirm the accuracy of the method
applied for determination of PTEs in sequentially extracted solutions.

2.9. Statistical Analysis

The analytical data were evaluated through a ¢-test using SPSS software to examine
the statistical significance of the differences in the mean concentrations of Cd, Cr, Cu, Nj,
Pb, Zn and Fe, determined in river sediments by method A and method B. Comparison of
the means obtained by two methods was done at a 5% level of significance.

3. Results and Discussion
3.1. Performance of the Analytical Method

The calculated LOD and LOQ values are presented in Table 2. In this study, the LODs
and LOQs for determination of pseudo-total concentrations of PTEs by ICP-MS ranged
from 0.030 to 1.77 ng-g~! and from 0.10 to 5.90 ng-g~!, respectively. Iron in sediment
samples was quantified by F-AAS, and its LOD and LOQ values were 0.049 mg-kg~! and
0.16 mg-kg~!, respectively.

Table 2. Limits of detection and limits of quantification obtained for determination of PTEs in digested sediments by

ICP-MS and limit of detection for the sequential extraction procedure obtained by ICP-AES.

Microwave-Assisted Digestion Procedure BCR Sequential Extraction Procedure
Element LOD LOQ Stage 1 Stage 2 Stage 3 Residual
(ng-g™h) (ng-g™1) (mg-kg™1) (mg-kg~1) (mg-kg™1) (mg-kg~1)
Cd 0.030 0.10 0.008 0.038 0.0064 0.125
Cr 0.11 0.37 0.218 0.040 0.0064 0.041
Cu 0.48 1.60 0.008 0.013 0.0742 0.022
Fe 0.049 % 0.16% 0.087 0.008 0.0573 0.005
Ni 0.62 2.08 0.017 0.004 0.0658 0.003
Pb 0.17 0.57 0.276 0.169 0.503 0.026
Zn 1.77 5.90 0.023 0.004 0.0806 0.041

2 LOD and LOQ values in mg-kg~! obtained by F-AAS.

Following the same procedure, with slight variation in the volume of the reagents,
Melaku et al. [18] reported LOD values of 0.83, 0.59, 0.08, 0.67, 0.64, 0.03 and 0.15 ng-g’1
for Cr, Fe, Ni, Cu, Zn, Cd and Pb, respectively. These LOD values were comparable with
the LODs, in this study, for Cu, Cd and Pb. The LODs were adequate for quantification of
PTEs in the analysed sediment samples.

The LODs for the BCR sequential extraction procedure were determined by ICP-AES
and presented in Table 2. For the BCR sequential extraction procedure, the LODs for
the exchangeable (stage 1), reducible (stage 2), oxidisable (stage 3) and residual (stage
4) ranged from 0.008 to 0.276, 0.004 to 0.169, 0.0064 to 0.503 and 0.003 to 0.125 mg-kg~*,
respectively. The LODs reported by Ciceri et al. [19] were 0.066, 0.23, 0.018, 0.41, 0.026 and
0.0059 mg-kg ! in the first stage; 0.16, 0.18, 0.016, 0.11, 0.0069 and 0.0010 mg-kg ! in the
second stage; and lastly 0.50, 0.14, 0.023, 0.76, 0.0076 and 0.043 mg-kg_1 in the third stage
for Cr, Ni, Cu, Zn, Cd and Pb, respectively. These values were found to be higher than the
LODs obtained in this study. The low LOD values show that trace levels of these analytes
could be measured with confidence.

Two certified reference materials of sediments (SRM 8704 and BCR 280R) were used
for checking the accuracy of the method applied for determination of pseudo-total con-
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centrations in the river sediments. The use of two different certified reference materials
for the same method of digestion was based on the non-availability of the certified values
for some of the analytes in the certified reference material. The certified concentrations
available on the SRM 8704 certificate of analysis are for Cd, Cr, Fe, Ni, Pb and Zn, while
the available certified values on the BCR 280R certificate of analysis are for Cd, Cu, Cr, Ni
and Zn. For this reason, both certified reference materials were analysed by ICP-MS and
F-AAS, and the measured concentrations along with the certified values are shown in Table

3. The measured concentrations were in good harmony with the certified concentrations,
indicating the accuracy of the method for quantification of PTEs in sediment samples.

Table 3. Analysis of certified reference materials of sediments (BCR 280R and SRM 8704).

BCR-280R SRM 8704
Measured Certified Percentage Measured Certified Percentage
Element Recovery Recovery
Mean + SD Mean + SD (%) Mean + SD Mean + SD (%)
(mg-kg~1) (mg-kg~1) ° (mg-kg~1) (mg-kg~1) °
Cd 0.912 £ 0.002 0.85 £ 0.10 107 3.33 £0.023 294 4+0.29 113
Cr 111 + 14 126 = 7.0 88 na
Cu 61.4 £ 0.63 53.0 £ 6.0 116 NA
Fe NA 3.69° 3.97 +0.10 93
Ni 63.3 £2.6 69.0 £5.0 92 38.6 £ 10 429 +3.7 90
Pb NA 210 + 3.8 150 £ 17 140
Zn 208 £0.91 224 £ 25 93 402 £2.0 408 £ 15 98

NA: not available on the SRM certificate; na: not analysed in this study; P: analysed with F-AAS and concentration in % (w/w).

The percentage recoveries for the analytes ranged from 88 to 116%, which showed
reliability of the applied method, except for Pb. Comparing the measured values with
the certified values for the two certified reference materials, quantitative and comparable
percentage recoveries were obtained for most analytes. Although low percentage recovery
of 88% was observed for Cr, it was still within the acceptable range of 75 to 125% as
established by United States Environmental Protection Agency (U.S. EPA) [20].

The evaluation of sequential extraction procedure was carried out by comparing the
measured and certified values for the BCR 701 certified reference material. The percentage
recoveries obtained by the analysis of the BCR 701 using ICP-AES are presented in Table 4.
The BCR sequential extraction protocol yielded the percentage recoveries of 86 to 119%,
81 to 111% and 77 to 119% for exchangeable fraction (F1), reducible fraction (F2) and
oxidisable fraction (F3), respectively. These percentage recoveries of analytes were within
the acceptable ranges for all three stages [20].

The sequential extraction methods were further validated by comparing the sum
of concentrations of PTEs extracted by four stages in sequential extraction procedure
including the residual fraction (F4) with the results of the pseudo-total concentrations of
PTEs [9,21]. The percentage recovery of the sequential extraction method compared to the
pseudo-total concentrations was calculated as follows:

[F1 + F2 + F3 + F4]

- 100
do — total concentration

Percentage recovery =
Pseu

where F1, F2, F3 and F4 stand for the first, second, third and residual fractions, respectively.
The results obtained using sequential extraction procedure showed good harmony with the
pseudo-total concentrations. For example, for sample 1 the calculated percentage recoveries
ranged from 77 to 104% for sequential extraction protocol.
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Table 4. Concentrations and percentage recoveries of PTEs in BCR 701 certified reference material obtained by ICP-AES.

Certified Value Measured Value Percentage Recovery
Fraction Element Mean =+ SD Mean + SD %)
(mg-kg~1) (mg-kg~1) °
Cd 7.30 4 0.40 713 +£0.25 98
Cr 2.26 +0.16 2.69 + 0.050 119
Cu 493 +1.7 52.7 + 3.0 107
Fl Ni 15.4 + 0.9 132+ 028 86
Pb 3.18 +£0.21 2.87 £+ 0.092 90
Zn 205 + 6.0 223 + 3.5 109
Cd 3.77 £ 0.28 3.05 £ 0.36 81
Cr 457 £2.0 50.3 + 1.0 110
Cu 124 + 3.0 126 + 4.0 101
F2 Ni 26.6 + 1.3 258+ 2.3 97
Pb 126 + 3.0 107 £+ 18 85
Zn 114 £ 5.0 126 9.3 111
Cd 0.27 + 0.06 0.218 4+ 0.010 81
Cr 143 + 7.0 110 £ 4.0 77
Cu 55.0 + 4.0 63.1 +2.1 115
F3 Ni 153 £0.9 18.2 +£0.78 119
Pb 9.30 + 2.0 9.25 + 0.49 99
Zn 46.0 £ 4.0 46.5 +£2.7 101

3.2. Fractionation of Potentially Toxic Elements in River Sediments

In this work, sequential extraction was used to evaluate the abundance and distri-
bution of PTEs in sediments by subjection to different reagents under certain operating
conditions. The sequential extraction procedure assisted us in determining the distribution
of PTEs in the exchangeable, reducible, oxidisable and residual fractions.

The sequential extraction method gives information that could be associated with the
physical and chemical factors that affect the mobilisation, bioavailability and transportation
of PTEs [7,22]. The concentrations of the fractions represent the pseudo-total concentrations
of PTEs in river sediments, thus suitable for comparison studies.

The concentrations of PTEs in different fractions of sediment samples collected from
the Blood River were quantified using ICP-AES. The levels of Cd in sequentially extracted
sediment samples are given in Figure 3. Furthermore, the total concentrations that are
obtained by adding the concentrations of Cd in F1, F2, F3 and F4 are compared with
pseudo-total concentrations determined after microwave-assisted acid digestion (Figure 4).

The level of Cd in the sequentially extracted sediments needed to be monitored due to
its high toxicity since it has been reported as one of predominantly labile elements [21,23].
The partitioning trend of Cd was similar in all sites (Figure 3). The concentrations detected
in the sites were highly favourable in the exchangeable stage. A study carried out by
Shozi [24] emphasised Cd as a mineral that is not commonly found in the Earth’s crust and
associated its existence in water bodies with anthropogenic activities. This could explain
the highest level of Cd measured in sediment sample from site 4. Site 4 of the Blood River
was found to be adjacent to an illegal dumping site. The domestic wastes could have
contributed to the elevated levels of Cd in the river sediment. For most of the sampling
sites, Cd in the residual stage was below the LOD value of 0.125 mg-kg ~!. The fractionation
pattern of Cd followed the order F1 > F2 > F3 > F4. The Cd revealed mobility as its highest
portion (44 to 75%) was in the exchangeable fraction in all samples. These findings were
in harmony with the studies by Marmolejo-Rodriguez et al. [23], Diaz-de Alba et al. [25]
and Saleem et al. [21], which reported Cd among the most labile elements in their studies.
Additionally, Delgado et al. [26] and Kong et al. [27] also reported high percentages of Cd
in the first fraction. The highest level of Cd in labile fraction in all sites compared to other
fractions might bring risk to the river ecological system and should receive more attention.
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