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Rivera-Muñoz and Rafael Huirache-Acuña
Cd(II) and Pb(II) Adsorption Using a Composite Obtained from Moringa oleifera Lam. Cellulose
Nanofibrils Impregnated with Iron Nanoparticles
Reprinted from: Water 2021, 13, 89, doi:10.3390/w13010089 . . . . . . . . . . . . . . . . . . . . . . 167

v



Yuhei Kobayashi, Fumihiko Ogata, Chalermpong Saenjum, Takehiro Nakamura and
Naohito Kawasaki
Removal of Pb2+ from Aqueous Solutions Using K-Type Zeolite Synthesized from Coal Fly Ash
Reprinted from: Water 2020, 12, 2375, doi:10.3390/w12092375 . . . . . . . . . . . . . . . . . . . . . 195

Mohamed A. Hamouda, Haliemeh Sweidan, Munjed A. Maraqa and Hilal El-Hassan
Mechanistic Study of Pb2+ Removal from Aqueous Solutions Using Eggshells
Reprinted from: Water 2020, 12, 2517, doi:10.3390/w12092517 . . . . . . . . . . . . . . . . . . . . . 207

Xiaoli Guo, Menghong Li, Aijv Liu, Man Jiang, Xiaoyin Niu and Xinpeng Liu
Adsorption Mechanisms and Characteristics of Hg2+ Removal by Different Fractions of Biochar
Reprinted from: Water 2020, 12, 2105, doi:10.3390/w12082105 . . . . . . . . . . . . . . . . . . . . . 227

Hyunjoon Kim, Ryun-Ah Ko, Sungyun Lee and Kangmin Chon
Removal Efficiencies of Manganese and Iron Using Pristine and Phosphoric Acid Pre-Treated
Biochars Made from Banana Peels
Reprinted from: Water 2020, 12, 1173, doi:10.3390/w12041173 . . . . . . . . . . . . . . . . . . . . . 239
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Preface to ”Adsorbents for Water and Wastewater
Treatment and Resource Recovery”

Adsorption is a well-established operation used for water decontamination and the remediation

of industrial effluents. It is also recognized as a key technology for recovering substances of economic

interest or at risk of scarcity. Adsorption from aqueous solution has aroused great interest in the

scientific community in recent decades. This interest has been driven by: (i) the increasing demanding

standards of drinking water, irrigation water and discharge limits imposed by legislation; (ii) the

recognition of new and emerging contaminants and their possible deleterious effects on human health

and ecosystems; and (iii) the need to refine wastewater treatment to a level that allows its reuse

in multiple applications. The new sustainability paradigm of the circular economy and the current

context of promoting the efficient use of natural resources and energy are additional motivations

for research on this topic. This Special Issue was open for submissions from January to November

2020. Submissions covering the latest findings and progress on the use of adsorbents for water and

wastewater treatment and recovering substances were encouraged. In it are 21 papers (17 research

articles and 4 reviews), published by researchers of 18 countries.

The removal of heavy metals from water has been addressed in several articles; some use

biochars (Wang et al.; Guo et al.; Kim et al.; Zhu et al.), other bio-derived materials (Vázquez-Guerrero

et al.; Hamoud et al., Zhang et al.) and industrially derived adsorbents (Kobayashi et al.; Liu et al.).

Interesting contributions were also received on the removal of organoselenium compounds (Okonji

et al.) by granular activated carbon and nano zerovalent iron, and on arsenic uptake (Ogata et al.)

using complex metal hydroxides. Torrinha et al. presented a study on the uptake of gold from strong

acidic solutions, aiming to recover the metal from secondary sources, such as hydrometallurgical

liquors of e-waste. This Special Issue also contains several works addressing the removal of organic

contaminants from water. Studies conducted by Angosto et al. showed the effective removal of

diclofenac from water using agro-food waste and compared it with advanced oxidation techniques.

Martı́n-Lara et al. presented a study on removing bisphenol A using commercial activated carbon

and evaluated the effect of coexisting metal cations in solution. Turco et al. studied the removal

of phenolics from olive mill wastewater by oxidized multiwalled carbon nanotubes entrapped in

a microporous polymeric matrix of polydimethylsiloxane. Adewuyi reviewed the literature on

biosorbent use for the removal of emerging pharmaceutical compounds from water. Zango et

al. provided a state-of-the-art perspective on removing PAHs (polycyclic aromatic hydrocarbons)

and phenolic compounds by carbon porous materials, porous polymers, mesoporous silica, and

metal–organic frameworks. The research articles of Yu et al. and Kuang et al. cover the

surfactant modifications of sepiolite and activated carbon to decolorize effluents containing mixed

and cationic dyes, respectively. Srivatsav et al. presented a comprehensive review paper covering the

decolorization of dye-containing wastewater using biochars. Frišták et al. introduced an additional

adsorption application to this Special Issue, by presenting an interesting review on the use of biochars

to remove microcystins and improve water quality.

This Special Issue expects to be a good reference material in the field of water decontamination

and effluent treatment by adsorption. The guest editors would like to thank those who contributed

with their research work or reviewed the manuscripts.

Sı́lvia Santos, Cidália Botelho, and Ariana Pintor

Editors

xi
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Abstract: Harmful algal blooms have increased globally with warming of aquatic environments and
increased eutrophication. Proliferation of cyanobacteria (blue-green algae) and the subsequent flux
of toxic extracellular microcystins present threats to public and ecosystem health and challenges
for remediation and management. Although methods exist, there is currently a need for more
environmentally friendly and economically and technologically feasible sorbents. Biochar has been
proposed in this regard because of its high porosity, chemical stability, and notable sorption efficiency
for removing of cyanotoxins. In light of worsening cyanobacterial blooms and recent research
advances, this review provides a timely assessment of microcystin removal strategies focusing on
the most pertinent chemical and physical sorbent properties responsible for effective removal of
various pollutants from wastewater, liquid wastes, and aqueous solutions. The pyrolysis process
is then evaluated for the first time as a method for sorbent production for microcystin removal,
considering the suitability and sorption efficiencies of pyrolysed materials and biochar. Inefficiencies
and high costs of conventional methods can be avoided through the use of pyrolysis. The significant
potential of biochar for microcystin removal is determined by feedstock type, pyrolysis conditions,
and the physiochemical properties produced. This review informs future research and development
of pyrolysed materials for the treatment of microcystin contaminated aquatic environments.

Keywords: biochar; microcystin; separation; water quality; cyanobacteria; algal bloom

1. Introduction

Recent studies indicate that cyanobacterial harmful algal blooms (cyanoHABs) are occurring more
frequently in inland fresh waters (i.e., ponds, lakes, streams, and rivers) and estuaries worldwide [1–4].
Higher temperatures linked to global climate change and increased eutrophication have intensified
cyanoHABs, posing significant environmental, social, and economic impacts partly due to the effects
of toxins produced by several taxa [5–8]. Monitoring toxicity following such events in waterbodies can
be complicated as cyanobacterial blooms contain complex mixtures of different classes of toxins [9–11].
Nevertheless, increased research efforts on the toxic impacts of these blooms under a changing climate
and practical tools and methods for their management and remediation are clearly needed [4–14].

Microcystins (MCs) are a group of naturally occurring toxic secondary metabolites (cyanotoxins)
produced by various genera of cyanobacteria [9–15]. They can be fatal to freshwater organisms
even at very low concentrations [5–16] and have been classified by the International Agency for
Research on Cancer (IARC) as possible human carcinogens [17]. To meet World Health Organization
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(WHO) guidelines for maximum allowed surface water concentrations [18], there are several processes
available for the removal of extracellular MCs. Powdered and granular activated carbon are commonly
applied to adsorb MCs during treatment processes of drinking water because of their unique sorbent
characteristics [19–21]. However, production costs for activated carbon and other materials (e.g., carbon
nanotubes) have limited their potential for widespread application [19–22].

There is a current demand for more environmentally friendly and economically and technologically
feasible sorbents for water quality remediation to be used in tandem with bloom prevention and
risk reduction [23]. Pyrolysis, the thermochemical conversion of organic matter into char under
anoxic or low-oxygen conditions, is a cheap and attractive method for the production of new sorption
materials for water treatment purposes [24,25]. As a product of pyrolysis, biochar is of interest
in this regard owing to the possibility of specifically designing, through feedstock and production
process manipulation, more efficient sorption properties [26]. The high porosity, chemical stability,
and significant sorption efficiency for removing cyanotoxins are among the central advantages of
biochar [25]. In aqueous solutions, biochar and modified charcoal have provided promising results as
sorbents [27–29], however, existing knowledge gaps have hindered widespread application in water
treatment processes.

To address the need for an updated review of microcystin removal strategies, this paper first
provides an overview of microcystin toxicity in natural water bodies followed by a discussion on
conventional and alternative sorbents for microcystin separation. Here, this review focuses on the
most pertinent chemical and physical sorbent properties responsible for effective removal of various
pollutants from wastewater, liquid wastes, and aqueous solutions. Furthermore, an in-depth assessment
of the pyrolysis process for sorbent production is given, providing the first comprehensive evaluation
of biochar as a sorbent for microcystin removal. This review informs future research and development
of pyrolysed materials for the treatment of microcystin in aquatic environments.

2. Microcystin Origin and Toxicity in Natural Water Bodies

Cyanobacteria are oxygenic photosynthetic bacteria that are prevalent in nutrient rich, warm, low
turbulent freshwater bodies. When cyanobacteria die, their cell walls degrade, releasing intracellular
toxins into the surrounding aquatic environment. MCs are a group of these naturally occurring toxins
produced by various genera of cyanobacteria (e.g., Anabaena, Anabaenopsis, Aphanocapsa, Cyanobium,
Dolichospermum, Hapalosiphon, Limnothrix, Microcoleus, Microcystis, Nostoc, Oscillatoria, Phormidium,
Planktothrix, Pseudanabaena, Sphaerospermopsis, and Synechocystis). Their structures are extremely
stable in water and can withstand chemical breakdown such as hydrolysis or oxidation. From
a chemical point of view, MCs represent cyclic peptides composed of five common amino acids
and pairs of L-amino acids as variants [30]. The common ones are d-erythro-β-methylaspartic
acid, alanine, N-methyldehydroalanine, glutamic acid, and a unique amino acid called Adda
(3-amino-9-methoxy-2,6,8-trimethyl-10-phenyldeca-4,6-diene acid). There have been more than 240
variants of MCs reported [31,32].

The main structural differences between microcystin variants arise from the substitution of
single amino acids (Figure 1). In MC-LR, the most toxic and abundant microcystin, the two variable
L-amino acids are L-arginine and L-leucine [33]. Trinchet et al. [34] and Roegner et al. [23] highlighted
preferential organ uptake, and thus the importance of other congeners such as MC-RR (arginine at
positions 2 and 4), MC-LA (leucine and alanine), MC-YR (tyrosine and arginine), MC-LF (leucine
and phenylalanine), and MC-LW (leucine and tryptophan). The WHO established the guideline of a
maximum recommended concentration of 1 µg/L for MC-LR in surface water. However, there remains
a lack of data with respect to other structures and metabolites. According to the IARC, MCs are
placed into group 2B as possible human carcinogens [17]. They are classified as tumour initiators
with DNA-damaging effects [35]. These heptapeptides are produced via a nonribosomal biosynthesis
pathway by large multienzyme complexes that include peptide synthetases, polyketide synthases,
and tailoring enzymes [36].
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Figure 1. (A) Chemical structure of microcystin (MC)-LR, (B) microcystin-RR, (C) microcystin-LA, (D) 
microcystin-YR, (E) microcystin-LF, and (F) microcystin-LW. 

In active and growing cyanobacteria, most MCs are cell-bound with intracellular concentrations 
of MCs several orders higher than concentrations of dissolved MCs in water. However, bloom 
senescence and cell lysis can cause the release of high quantities of MCs into the water. Mazur-Marzec 
et al. [37] and Jones et al. [38] reported that MC-LR can persist in aquatic for 1–3 months, but this is 
dependent on limnological and environmental parameters [39]. Based on acute toxicity, MC-LR is 
considered one of the most significant cyanobacterial toxins. As hepatotoxins, MCs mainly affect liver 
functioning, and can cause mortality and morbidity through necrosis and haemorrhage [40]. The 
hydrophilic characteristic of most MCs facilitates its uptake in vertebrates via active transport 
compared with cell membranes [41]. Membrane transport occurs mainly via organic anion 
transporting polypeptides [42]. 

Inside the hepatocytes, MCs inhibit eukaryotic protein serine/threonine phosphatases 1 and 2A [41], 
resulting in cytoskeletal disruption, rearrangement of associated filamentous actin, and morphological 
changes [23]. Frangez et al. [43] confirmed covalent binding of microcystin structure to protein 
phosphatases, leading to hyperphosphorylation of cytoskeletal proteins and the disruption of many 
cellular processes. Davis et al. [44] showed the effect of MC-LR on activation of the mitogen-activated 
protein kinase pathway. MCs induce apoptosis through free radical formation and mitochondrial 
alternations [23–45]. Human health problems are mostly related to chronic exposure to MCs via food 

Figure 1. (A) Chemical structure of microcystin (MC)-LR, (B) microcystin-RR, (C) microcystin-LA,
(D) microcystin-YR, (E) microcystin-LF, and (F) microcystin-LW.

In active and growing cyanobacteria, most MCs are cell-bound with intracellular concentrations of
MCs several orders higher than concentrations of dissolved MCs in water. However, bloom senescence
and cell lysis can cause the release of high quantities of MCs into the water. Mazur-Marzec et al. [37]
and Jones et al. [38] reported that MC-LR can persist in aquatic for 1–3 months, but this is dependent
on limnological and environmental parameters [39]. Based on acute toxicity, MC-LR is considered one
of the most significant cyanobacterial toxins. As hepatotoxins, MCs mainly affect liver functioning,
and can cause mortality and morbidity through necrosis and haemorrhage [40]. The hydrophilic
characteristic of most MCs facilitates its uptake in vertebrates via active transport compared with cell
membranes [41]. Membrane transport occurs mainly via organic anion transporting polypeptides [42].

Inside the hepatocytes, MCs inhibit eukaryotic protein serine/threonine phosphatases 1 and 2A [41],
resulting in cytoskeletal disruption, rearrangement of associated filamentous actin, and morphological
changes [23]. Frangez et al. [43] confirmed covalent binding of microcystin structure to protein
phosphatases, leading to hyperphosphorylation of cytoskeletal proteins and the disruption of many
cellular processes. Davis et al. [44] showed the effect of MC-LR on activation of the mitogen-activated
protein kinase pathway. MCs induce apoptosis through free radical formation and mitochondrial
alternations [23–45]. Human health problems are mostly related to chronic exposure to MCs via food
and water consumption. As tumor-promoting toxins, MCs alter the regulation of phosphorylation and
induce DNA damage in hepatocytes [46].
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3. Conventional Strategies of Microcystin Removal

The removal or inactivation of MCs from water can be affected by several factors. The most crucial
among these is if MCs are concentrated extracellularly or intracellularly. As mentioned, the majority
(>95%) of MCs are found intracellularly during the growth stage of the bloom. However, when blooms
collapse as a result of nutrient depletion, high temperatures, viral attack, and/or through the effect of
chemical agents, intracellular MCs are released into the water as extracellular, increasing dissolved
microcystin concentrations. The most common processes of extracellular MCs removal from drinking
water are divided into three general steps: physical removal, biological inactivation, and chemical
inactivation. Very often, these steps are cross-linked and supplied by processes such as sedimentation
and flocculation. Physical removal includes the adsorption by effective sorbents (usually activated
carbon) and the application of several filtration techniques [47,48]. Conventional sand filtration may be
sufficient, but could also enhance the release of high concentrations of MCs into treated water [49,50].
Suboptimal set-up of filtration parameters, such as flow rate, can very often lead to enormous leaching
of MCs from lysed microbial cells.

The main objective of the traditional sequence of coagulation–sedimentation–flocculation processes
is to remove live algae, their residues, and organic and inorganic matter. A potential side-effect is
cell lysis and subsequent increases in dissolved cyanotoxins’ (e.g., MC) concentrations. The character
and properties of cyanobacterial organic matter and toxic compounds decrease the efficacy of the
conventional process for inorganic substances. Roegner et al. [23] described in detail the main
disadvantages and pitfalls of the coagulation–sedimentation system when applied for MCs removal.
Teixeira and Rosa [51] highlighted the significant effect of local water quality on MCs removal by this
conventional method. Additionally, the quantity and quality of the chemical coagulant represents
an important factor in the removal process. The application of flotation, a process whereby solids
in suspension are recovered by their attachment to gas (usually air) bubbles, in combination with
coagulation and flocculation, shows positive results in MCs separation [52]. The particles most
effectively removed are in the size range of 10–200 µm. The particle-bubble aggregates that are formed
have a density less than the suspension itself and they rise to the surface to be removed. Despite
the high efficiency of this technology for algal residues removal, the question of extracellular toxins
removal is still quite open. Therefore, the application of other methods is still needed.

From a treatment standpoint, MCs have three general areas subject to oxidation: the conjugated
double bond in the Adda moiety; the single double bond in the Mdha moiety; and the side chain
of amino acids [47]. Laszakovits and MacKay [53] described in detail the removal of cyanotoxins
by potassium permanganate. However, this method represents a pH dependent and chemically
demanding process. Several studies exist on verifying the efficiency of registered chemical algaecides
and herbicides (especially copper-based and peroxide-based products) for bloom treatment and MC
removal [54–56]. These compounds have been used successfully for decades, but initial cyanobacterial
cell and toxin concentrations, algal species, and limnological characteristics can affect efficacy. Further,
usage of waters (e.g., recreation vs. drinking water) and local regulations must be considered before
application. Brooke et al. [57] showed reduced concentrations of MC-LR in water after ozone application.
However, this pH dependent process is less effective under alkaline conditions. Chlorination can be
viewed as another potential method to remove cyanotoxins from aqueous solutions [58]. Oxidation,
chlorination, and ozonization can bring new risk such as secondary pollution from their by-products.
Lawton et al. [59] showed the application of ultraviolet radiation as an effective, but expensive method
to remove MCs from water.

Activated carbon produced from different precursor feedstocks such as coal or coconut represents
the main sorption material used in separation processes of MCs from aqueous solutions [20–60].
The surface characteristics and pore structure of activated carbon determine its range of applicability in
purification technologies of polluted water [61]. The activation process affects the adsorptive capacity,
which can vary and only be effective for a specific group of contaminants. Activated carbon removes
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MCs mainly via mechanisms of adsorption and intraparticular diffusion [62,63]. MCs primarily interact
with carbon surfaces by hydrophobic forces and electrostatic interactions [64].

Generally, two basic types of activated carbon, powdered activated carbon and granular activated
carbon, are applied in treatment processes for drinking water. The main difference in use is based
on type and character of the contaminant (synthetic/natural, inorganic/organic). Porosity (total pore
volume), porous character, and surface characteristics are crucial for efficiency of MCs sorption.
Activated carbon provides a system of micropores with diameters of <2 nm, mesopores with diameters
from 2 to 50 nm, and macropores at >50 nm. Microporous filtration materials restrict water flow and
reduce contact between MCs and active surface sites, and thus can be considered as less effective in
the removal process. On the other hand, MCs can be easily separated by activated carbon with high
concentrations of mesopore structures [64].

Researchers have confirmed the different sorption efficiencies of activated carbons for MC-LR
compared with MC-RR, MC-YR, and MC-LA. Mesoporous carbon materials with targeted functional
groups represent an option in MCs separation from aqueous solutions [65]. Granular activated carbon
is very often used in fixed beds as a filtration medium or adsorbent to remove fragile particles and
chemicals under continual flow conditions [47]. However, Newcombie et al. [66] showed the inefficiency
of granular activated carbon-based filters for microcystin separation compared with granular activated
carbon-based adsorbents with proper regeneration or replacement, which can be potentially used as
auxiliary barriers. Ho and Newcombie [67] found that powdered activated carbon can be easily bound
up in the floc structure during the coagulation process, and thus can reduce the efficiency of MCs
removal. Roegner et al. [23] showed the importance of the activated carbon’s feedstock on the removal
efficiency of MCs from potable water. The authors summarized that activated carbon produced from
wood contains a system of mesopores and micropores, while coconut-based activated carbon contains
just micropores, which can limit its MCs sorption application. Hena et al. [63] described the sorption
process of MC-LR by activated carbon prepared from rubber wood sawdust as pH dependent with a
maximal sorption capacity of 296 mg/g.

The effect of feedstock pH and the value of the point of zero charge (pHzpc) can significantly
affect the adsorption efficiency of MCs [68]. Huang et al. [69] showed the relation between the pHzpc
of activated carbon and sorption process of cyanotoxins. The higher pHzpc of the feedstock results
in a neutral or positive charge of the produced activated carbon and higher adsorption potential for
MCs [23]. The efficiency of activated carbon and activated carbon-based filters in separation of MCs
from drinking water is considered sufficient (>99%) [70]. However, concentrations of cyanotoxins in
water are potentially low and filters are not typically challenged with higher doses or the competitive
effect of other toxic agents. Chlorine pre-treatment of potable water presents a problem for MCs
sorption separation efficiency related to the reaction between residual chlorine and active carbon
sites. Another problematic issue of causing a decrease in sorption separation with activated carbon
application in water can be high concentrations of organic matter. Natural organic matter competes
simultaneously with MCs for active sorption sites on surfaces of activated carbon.

Granular activated carbon can additionally be used as an ideal habitat for microbial growth
thanks to its large surface area [47]. The growth of different microorganisms on activated carbon-based
filters and biofilm formation can enhance the MCs removal owing to the combined effect of MCs
biological degradation and sorption separation [69]. On the other hand, biofilm formation can decrease
pore availability and thus reduce separation efficiency [23]. Drogui et al. [71] showed the lower
efficiency of activated carbon-based filters after colonization by microbial communities compared with
sterile filters during separation of MC-LR from water. The concerning literature discrepancies in the
assessment of microbial colonization on MCs separation by activated carbon require additional and
more detailed studies.

Numerous research studies refer to the decrease in accessibility and increase in mass production
costs of activated carbon derived from typical feedstocks such as coal, coconut, or wood [19–22].
Zhi et al. [72] reported a price of 1650–9900 USD/t for activated carbon for pollutant removal,
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while Lou et al. [73] determined a range of 20,000–80,000 USD/t for carbon nanotubes. Based on
these assessments, more economical and environmentally friendly sorbents are needed for water
quality control.

4. Alternative Microcystin Separation Sorbents

Conventional technologies of MCs removal from water can be expensive and very often simply
insufficient. More affordable methods with low technological requirements in water treatment are
needed according to Gurbuz and Codd [50]. The authors highlighted a number of natural and artificial
materials with extensive internal porosity for application in water purification. Despite possessing a
lipophilic side chain of ADDA residue, molecules of microcystins are quite hydrophilic because of
two carboxylic groups on its aspartic/glutamic acid side and one guanidine group on its arginine acid
side [74]. Kim et al. [75] applied industrial waste biomass of Escherichia coli to develop biosorbents
for MC-LR immobilization. The authors created biomass stabilization with polysulfone, coating the
polysulfone-biomass composite with polyethylenimine, and subsequent decarboxylation of coated
material. Such prepared materials can be recommended as highly efficient sorbents for MC-LR removal
from aquatic environments with maximum sorption capacities of 1.2–1.9 mg/g at approximately pH 5.
MC-LR can be effectively removed from aqueous solutions by sorbents prepared from Moringa oleifera
Lam. seeds, as shown by Yasmin et al. [76]. The authors applied an acid pre-treatment of seed powder to
increase pore size and volume. The sorption capacity of modified biosorbent for MC-LR was >92 mg/g.
Sathya et al. [77] applied an exocellular polymer from Enterobacter ludwigii to remove microcystin-RR
extracted from Microcystis aeruginosa (Kützing) Kützing. The maximum removal of MC-RR by the
studied polymer was optimized by response surface methodology and achieved at a contact time of
5 h, pH 10, temperature of 30 ◦C, agitation speed of 150 rpm, and polymer dose of 4 mg/mL. This study
confirmed the removal efficiency of MC-RR by exocellular polymer with a maximum sorption capacity
of 23.76 ng/mg. Additionally, the authors showed a positive effect of Cu2+ ions on the MC-RR removal
process by microbial polymeric material.

Application of native or dried biomass to separate MCs from aqueous solutions can cause
secondary contamination by releasing other polymeric substances of heterogeneous composition into
purified solution. The instability of biomass-derived sorbents represents a hazardous point that has
to be mentioned [78]. Therefore, inorganic and thermochemically transformed materials are a more
promising choice [79]. Morris et al. [80] showed high efficiency (>80%) of MC-LR separation from
water by naturally-occurring clay particles. Laughinghouse et al. [81] found that lanthanum modified
bentonite clay was able to sediment MC-LR at higher concentrations (around 500 µg/L) when compared
with lower concentrations (50 and 100 µg/L). Adsorption of MC-LR onto nano-sized montmorillonite
was investigated and optimized by Wang et al. [82]. Their work indicated a pH dependent process with
the maximum of 0.186 mg/g reached at pH 2.96. Removal of MC-LR from model aqueous solutions
by nano-sized montmorillonite represents a rapid process with several kinetic stages. Desorption
efficiency of sorbed MC-LR (>75%) can be reached using 0.1 mol/L NaOH as the eluting media.
Superabsorbent polymer composites appear to be a cost-effective solution for MC-LR adsorptive
removal [83]. The porous network structure and the ionic functional groups of superabsorbent
polymers ensure diffusion and binding of microcystin molecules. Wang et al. [83] showed the effective
application of polyacrylamide/sodium alginate-modified montmorillonite to remove MC-LR from
aqueous solution. Their study described sorption as a fast process, reaching equilibrium within 80 min
of contact time. The maximum adsorption capacity of polyacrylamide/sodium alginate-modified
montmorillonite for MC-LR was 32.66 mg/g. The authors also discovered that over 85% adsorption
and 80% desorption could be achieved after five regeneration cycles. Recovery of studied microcystin
reached more than 92% without ionic effect.

The sorption potential of pumice for MCs has also been described by Gurbuz and Codd [50].
Pumice is a porous material with high numbers of active sites that can be used as effective filtration
material. The application of pumice in slow filtration processes to remove pathogens from irrigation

6



Water 2020, 12, 2871

water is a well-known method in horticulture [84]. Gurbuz and Codd [50] showed MC-LR adsorption
on a pumice-based sorbent as a pH dependent process with maximal efficiency at pH 4. Experimental
studies on the removal of MC-LR by peat showed the important role of this biomaterial in separation
processes of cyanotoxins [85]. The maximum adsorption capacity of peat for MC-LR was found to be
0.26 mg/g at pH 3. Regeneration of peat-based sorbent using 2 mol/L NaOH showed a 94% efficiency
in MC-LR desorption.

Iron oxides and hydroxides influence the mobility of organic and inorganic compounds in soils,
sediments, and surface water. Therefore, Lee and Walker [86] studied the potential of maghemite
nanoparticles to adsorb MC-LR from model solutions and confirmed a strong effect of pH with
maximum removal efficiency at pH 3. They described the electrostatic interactions and hydrophobic
forces as being crucial MC-LR sorption mechanisms. The adsorption process of microcystin onto
maghemite nanoparticles is not significantly affected by the presence of river fulvic acid at lower
concentrations (<2.5 mg/L). At higher concentrations of fulvic acid, the adsorption process of MC-LR
by iron oxide nanoparticles decreased as a result of competition for limited active sorption sites. Along
similar lines, Okupnik et al. [87] investigated the use of titanium dioxide nanoparticles for removal of
MC-LR in environmental relevant concentrations from water samples. The authors tested different
crystalline phases of nano-TiO2 such as anatase, rutile, and an anatase–rutile mixture in comparison
with a bulk TiO2 counterpart. Sorption separation of MC-LR by titanium dioxide nanoparticles
represents a complex mechanism, with chemisorption and sorbent particle size as the most influencing
factors. Kinetic and equilibrium results of microcystin-LR and microcystin-RR removal by graphene
oxide from water polluted by other environmental co-pollutants were described in a study by Pavagadhi
et al. [61]. The tested graphene oxide showed significant adsorption capacity at 1.70 mg/g for MC-LR
and 1.88 mg/g for MC-RR even in the presence of Mg2+, Ca2+, K+, and Na+ cations and NO2−, NO3−,
Cl−, SO4

2−, and PO4
3− anions. The sorption kinetic experiments revealed that more than 90% removal

of both microcystin variants is achieved within the first 5 min. New sorbents based on N-doped
carbon xerogel for MC-LR adsorption were synthesized by Wu et al. [88]. Their results indicate fast
microcystin uptake within 10 min and an adsorption capacity of 1.92 mg/g. The authors highlighted
the efficiency of sorbent regeneration using 1 mol/L NaOH applied as the desorption agent.

5. New Sorption Materials Produced with Pyrolysis

Various feedstocks can be thermochemically converted into char using carbonization processes
such as torrefaction, pyrolysis, hydrothermal carbonization, or gasification. Pyrolysis proceeds under
strict anoxic or low oxygen conditions at temperatures from 350 to 1000 ◦C, and it is the main
carbonization technique to produce conventional biochar with required characteristics [89]. During the
pyrolysis process, solid (char), liquid (condensable crude oil), and gaseous (non-condensable syngas)
products are formed. The solid products of hydrothermal carbonization, torrefaction, or gasification
do not fulfil the main definition of biochar. According to Shaheen et al. [90], pyrolysis represents a less
expensive and more robust technology involving thermochemical decomposition of organic matter
compared with the other methods mentioned.

The physical and chemical characteristics of biochar are fully dependent on the feedstock properties
and production system (Figure 2) [91]. The European Biochar Certificate outlines a wide range of
biomass feedstocks approved for use in biochar production [89]. Biomass can be sourced through
local waste collection services following waste separation (biodegradable wastes), garden waste
(leaves, flowers, roots, hay, grass, prunings from trees, vines, bushes), agriculture and forestry (harvest
leftovers, straw, husks and grain dust, seeds, plants, bark and chippings, sawdust, wood, wool), animal
by-products (bones, manure, skins, hairs, feathers), material from food and confectionary production
(leftovers from the production of canned food; residues from potato, rice, or corn starch production;
residues from dairy processing; tobacco dust; slacks; ribs; tea; and coffee grounds), textiles (cellulose,
cotton fibres, wool leftovers, hemp), or biogas plants (fermentation residues). Additionally, there exist
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several approved mineral-organic additives such as lime, bentonite, clay, loam, rock flour, or lignite to
improve pyrolysis conditions and, subsequently, the quality of the produced biochar.Water 2020, 12, x FOR PEER REVIEW 8 of 18 
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Figure 2. Scanning electron microscopy (SEM)—images of biochar derived from wood chips (a),
garden green waste (b), corn cobs (c), and sewage sludge (d) at magnification 250× (with permission of
authors—Micháleková-Richveisová et al. [91]).

Pyrolysis usually includes slow, fast, and flash processes [25]. Slow pyrolysis (conventional
carbonization) is characterized by feedstock placement into a reactor and then initiating heating at a
rate of about 0.1–1 ◦C/s until achieving a residence time from 20 min to several hours at temperatures
of 400–700 ◦C. This process produces a solid char product rather that crude oil and syngas. While
for fast and flash pyrolysis, addition of feedstock into the reactor occurs after pyrolysis temperature
has been reached, with a significantly reduced residence time of several seconds to a few minutes
at temperatures from 500 to 800 ◦C [92]. Fast pyrolysis produces a major bio-oil fraction and minor
biochar and syngas by-products [93].

The fibrous biomass consists of cellulose, hemicelluloses, and lignin with smaller quantities of
organic extractives and inorganic minerals. These constituents vary among different kinds of biomass.
Cellulose as a linear condensation polymer of β-(1–4)-d-glucopyranose creates sheets of glucopyranose
rings lying in a plane with successive sheets stacked on top of each other to form three-dimensional
particles that aggregate into an elementary crystalline micro-fibril arrangement. This makes cellulose
more thermal and chemically resistant compared with hemicellulose. Hardwood materials are rich in
xylans and poor in glucomannans, while softwood feedstock contains more glucomannans compared
with xylans [94]. Cellulose, hemicelluloses, and lignin have distinctive thermal decomposition
behaviours that depend upon heating rates. Hemicellulose is the first to decompose, beginning at
220 ◦C and completed at 315 ◦C [94]. Cellulose does not start to decompose until about 315 ◦C.
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Although lignin begins to decompose at 160 ◦C, it is a slow process extending to 850–900 ◦C. Pyrolysis
of hemicellulose produces mainly no-condensable gases (CO, CO2, H2, and CH4) and low molecular
weight organic compounds such as carboxylic acids, alkanes, esters, and aldehydes [95]. Cellulose
is a main source of considerable biochar product and the product of cellulose decomposition can
vary depending on reaction conditions. The process of decomposition includes an exothermic and
endothermic pathway. The exothermic pathway via anhydrocellulose yields char and non-condensable
gases, while the endothermic pathway via levoglucosan is a devolatization process leading to tarry
vapours or char. Mohan et al. [96] described the extent of secondary reactions affected by temperature,
residence time, and catalysts occurring in feedstock. They yield a wide range of organic compounds
such as carboxylic acids, ketones, aldehydes, and alcohols. The pyrolysis products of cellulose are
mainly in the form of solid C, CO2, and H2O [97].

Many scientific studies focus on the utilisation of biochar and pyrolysis carbonaceous materials
as effective sorbents in processes of organic and inorganic pollutant removal from aqueous solutions
(Table 1). Several authors have confirmed different effects of physical and chemical properties on
sorption efficiency. Therefore, the major material properties responsible for effective removal of various
pollutants from wastewater, liquid wastes, and aqueous solutions are reviewed below.

Table 1. Removal of inorganic and organic pollutants from aqueous solutions by biochar.

Pollutant Feedstock Pyrolysis
Temperature (◦C)

Initial
Concentration (mg/L)

Removal
Efficiency (%) Reference

copper macroalga 500 10 80 [98]
cadmium rape straw 600 20 100 [99]

lead celery 500 400 98 [99]
zinc wheat straw 650–700 100 100 [100]

chromium rice husk 450–500 100 100 [101]
arsenic sewage sludge 300 0.09 53 [102]
nickel sewage sludge 600 30 26 [103]

tetracycline sewage sludge 800 200 60 [104]
methylene blue mangosteen peel 800 50 80 [105]

ibuprofen wood chips 550 2 6 [106]
atrazine cornstraw 500 30 100 [107]

sulfamethazine cucumber 700 50 95 [108]

The area of internal and external surfaces, commonly called specific surface area (SSA), represents
a crucial physical characteristic of pyrogenic carbonaceous material. Its value is the result of feedstock
quality and production conditions (i.e., pyrolysis temperature, residence time, presence of catalysts,
pre-treatment of feedstock or post-treatment of biochar). SSA determination for carbon-based
sorbents involves mainly N2 or CO2 adsorptions followed by the Brunauer–Emmett–Teller (BET)
equation application.

The method of SSA determination by liquid N2 adsorption on biochar surface at a lower
temperature (77 K) indicates the total specific surface area [109]. The method of CO2 adsorption
at a relatively high temperature (273 K) reflects the surface area of pores < 1.5 nm [110].
Micháleková-Richveisová et al. [91] and Dieguez-Alonso et al. [110] discussed the effect of pyrolysis
temperature on porous structure formation and thus surface area development. Zama et al. [111]
produced biochar from Morus alba at temperatures of 350 ◦C and 550 ◦C and confirmed more than
3.5 times higher SSA at the higher temperature. The effect of feedstock on SSA of biochar is also worth
addressing. Jiang et al. [112] discussed the differences in surface areas of biochars prepared from pine
wood and jarrah wood. Micháleková-Richveisová et al. [91] compared three biochars from different
woody and agricultural wastes and found SSA values in the range of 16–26 m2/g for the biochars with
particle sizes of 0.5–1 mm. The effect of biochar post-treatment and feedstock pre-treatment can also
significantly change SSA values of the resulting products [90].

Biochar pH ranges from 5 to 11 based on the feedstock and pyrolysis temperature [97]. There
is a linear correlation between pH and pyrolysis temperature. Biochar produced at temperatures
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between 300 and 400 ◦C has a lower pH compared with biochar produced from the same feedstock at
temperatures of 400–700 ◦C. Zhang et al. [29] explained the more alkaline pH of biochars produced
at higher temperatures as a result of volatile organic compound losses and increases in basic cations.
The lower pH values can be attributed to insufficient pyrolysis of material, biomass residues, and thus
content with higher concentrations of phenolic and carboxylic functional groups. Elemental composition
can be responsible for hydrophobicity and polarity of biochar, which can affect the contact of the
material with the aqueous solution. The O/C molar ratio is used to estimate the hydrophilic nature of
biochar and denote polar group concentrations in pyrogenic materials derived from carbohydrates in
feedstock. The molar ratio of H/C can describe the degree of biochar carbonisation. Low values of H/C
indicate a lower amount of non-carbonized biomass and thus a higher degree of carbonization [113].

The increased total content of elements such as K, Fe, Ca, Mg, and Mn can be attributed to higher
concentrations of responding minerals, oxides, or oxohydroxides, which represent potential active
sorption sites for pollutants removal [114]. Additionally, concentrations of surface functional groups
such as carboxylic, hydroxyl, amino, phenolic, and lactic can be crucial for biochar assessment as
effective sorption material. During pyrolysis under increasing temperature, most functional groups
of feedstocks are lost. Kloss et al. [113] compared FT-IR spectra of biochars produced at different
temperatures and found a decreased intensity of peaks corresponding to carboxylic and hydroxyl
groups in samples produced at a higher temperature. Li et al. [115] applied 13C NMR to investigate
functional groups of rice straw and bran derived biochars produced at 100–800 ◦C. The authors
confirmed the decreased content of aliphatic O-alkylated carbons and dominant aromatic structures in
materials produced at temperatures > 300 ◦C.

Based on the type of contaminants, different mechanisms of sorption interactions can be
proposed [116,117]. Sorption mechanisms of metals by biochar are fully dependent on the pH of the
reaction solution, DOC, and competing elements concentrations [30]. Generally, complexation, cation
exchange, precipitation, electrostatic interactions, and chemical reduction represent the main metal
sorption mechanisms. However, the role of each mechanism is variable for each metal. Li et al. [115]
described the target mechanisms of As, Cr, Pb, Cd, and Hg in detail. On the other hand, sorption
of ionisable and ionic organic compounds such as pharmaceuticals and pesticides on biochar-based
sorbents is a more complex process and the relative contribution of each sub-mechanism is dependent
on the type of sorbate, pH, and sorbent properties [116]. These authors suggested and characterized
the main active processes in sorption of organic molecules from liquid media as nonspecific van der
Waals force (exactly London dispersion force), solvophobic effect, H-bond, charge assisted H-bond,
electron donor-acceptor interactions, electrostatic (coulombic) interactions, ligand exchange, Lewis
acid–base reactions, covalent bond, and oxidative coupling.

6. Biochar for Microcystin Sorption Separation

The study of biochar application in the removal of various organic structures has illustrated the
potential of this pyrogenic material in separation processes. The biochar boom in environmental
technologies and agronomy raised the question of potential risk evaluation for MCs interaction with
this pyrogenic carbonaceous material present in sediment/water environments [74]. While at the same
time, Zhang et al. [29], Li et al. [27], and Liu et al. [28] revealed the efficiency of modified charcoal
and biochar utilization as potential sorbents of MC-LR from aqueous solutions. In each case, existing
knowledge gaps on sorption behaviour of cyanotoxins in contact with biochar limit widespread usage
of this engineered waste-derived sorbent in water purification processes. Sorbents derived from biochar
exhibit different structure and properties compared with activated carbon. Incomplete carbonization
at low temperatures in the range of 300–700 ◦C and the absence of activation processes can bring
new challenges in the characterization and subsequent application of biochar sorbents. The effect of
feedstock and mineral composition can be crucial for sorption properties of pyrogenic carbonaceous
material [27].
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The mechanisms of sorption interactions between microcystin and biochar can be characterized
by several potential processes such as electrostatic and hydrogen bonding, ion exchange, complexation,
mesopore filling, hydrophobic interactions, and interactions with aromatic carbon (such as π ± π EDA
and π − π stacking) (Figure 3). Π ± π EDA represents π ± π electron donor–acceptor interactions
between protonated guanidine groups of MCs and π-electron rich graphene surfaces of biochar [28].
Π − π stacking is the main interaction between the benzene ring of MCs and aromatic units on biochar
surfaces [74]. As mentioned previously, molecules of MCs have a more hydrophilic character with
reactive carboxyl or guanidine functional groups. Therefore, the dominant mechanism of MCs sorption
can be often attributed to hydrophobic interactions [74]. Liu et al. [28] reported that the hydrophobic
leucine unit in a MC-LR molecule tends to be attracted to hydrophobic surfaces of giant reed-derived
biochar via a hydrophobic interaction. The authors showed that the positive correlation between
pyrolysis temperature and hydrophobic interactions, thus hydrophobicity, is a driving force in the
sorption of MC-LR. Teixidó et al. [118] described sorption removal of hydrophilic sulfamethazine by
biochar with electron donor–acceptor interaction between protonated aniline ring and on π-electrons
rich carbon surface as the predominant driving force. However, this kind of interaction is not a major
force during MCs interactions with biochar-based sorbents. Isolated π electron systems in the Adda
side chain represent small fractions of the hydrophilic macromolecule.

Water 2020, 12, x FOR PEER REVIEW 11 of 18 

 

biochar via a hydrophobic interaction. The authors showed that the positive correlation between 
pyrolysis temperature and hydrophobic interactions, thus hydrophobicity, is a driving force in the 
sorption of MC-LR. Teixidó et al. [118] described sorption removal of hydrophilic sulfamethazine by 
biochar with electron donor–acceptor interaction between protonated aniline ring and on π-electrons 
rich carbon surface as the predominant driving force. However, this kind of interaction is not a major 
force during MCs interactions with biochar-based sorbents. Isolated π electron systems in the Adda 
side chain represent small fractions of the hydrophilic macromolecule. 

On the other hand, Li et al. [74] showed how chemisorptions are the main force responsible for 
sorption of MC-LR molecules on wood-based biochar produced at 300 °C. Additionally, the authors 
confirmed physisorption and hydrogen bonding as the primary forces in sorption of MC-LR by the 
same biochar produced at 700 °C. One adsorbed MC-LR molecule can displace a considerable number 
of water molecules at the solid/liquid interface [119]. Thermodynamic calculations by Li et al. [74] 
demonstrated the ability of the MC-LR molecule to replace more water molecules on the biochar 
produced at lower temperatures. Li et al. [27] reported π ± π EDA interactions as the major driving 
forces of MC-LR sorption by biochars produced at 600 °C compared with biochars produced from the 
same feedstocks at 300 °C. Biochar produced at higher temperatures consists of highly aromatic 
structures providing larger π-electron-rich graphene sheets as electron donors. 

The effect of porosity, as mentioned in Section 3, is crucial for sorption efficiency. According to 
Li et al. [27] and Zhang et al. [29], the three-dimensional size of the MC-LR molecule was determined 
to be 1.9 nm × 1.5 nm × 1.1 nm, with a maximum length of 2.94 nm and width of 2.55 nm. Therefore, 
micropores represent inaccessible spaces for MC-LR molecules [27]. Biochars with lower surface area 
and lower concentration of mesopores can be less effective in sorption removal of MC-LR [74]. Liu et 
al. [28] showed that giant reed derived biochars produced at higher temperatures (>500 °C) have 
predominantly mesoporous structures and are thus more suited and effective in the removal of MC-
LR from aqueous solutions. 

 
Figure 3. Suggested model of MC-LR sorption interactions with biochar-based sorbents. 

The pH values of biochar and surface point of zero charge are further driving forces in the sorption 
mechanism of MCs. Biochars with lower pH, or under lower pH environmental conditions, can still 
contain minor surfaces with positive charges, thus columbic attraction between anionic microcystin 
molecules and sorbent can still be considered. The pH of the aquatic environment can severely influence 
the sorption efficiency of MCs. Generally speaking, sorption of these microbial toxins decreases with 
increasing pH of the environment. Sorption processes of MCs are inhibited by electrostatic repulsion 

Figure 3. Suggested model of MC-LR sorption interactions with biochar-based sorbents.

On the other hand, Li et al. [74] showed how chemisorptions are the main force responsible for
sorption of MC-LR molecules on wood-based biochar produced at 300 ◦C. Additionally, the authors
confirmed physisorption and hydrogen bonding as the primary forces in sorption of MC-LR by the
same biochar produced at 700 ◦C. One adsorbed MC-LR molecule can displace a considerable number
of water molecules at the solid/liquid interface [119]. Thermodynamic calculations by Li et al. [74]
demonstrated the ability of the MC-LR molecule to replace more water molecules on the biochar
produced at lower temperatures. Li et al. [27] reported π ± π EDA interactions as the major driving
forces of MC-LR sorption by biochars produced at 600 ◦C compared with biochars produced from
the same feedstocks at 300 ◦C. Biochar produced at higher temperatures consists of highly aromatic
structures providing larger π-electron-rich graphene sheets as electron donors.

The effect of porosity, as mentioned in Section 3, is crucial for sorption efficiency. According
to Li et al. [27] and Zhang et al. [29], the three-dimensional size of the MC-LR molecule was determined
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to be 1.9 nm × 1.5 nm × 1.1 nm, with a maximum length of 2.94 nm and width of 2.55 nm. Therefore,
micropores represent inaccessible spaces for MC-LR molecules [27]. Biochars with lower surface
area and lower concentration of mesopores can be less effective in sorption removal of MC-LR [74].
Liu et al. [28] showed that giant reed derived biochars produced at higher temperatures (>500 ◦C)
have predominantly mesoporous structures and are thus more suited and effective in the removal of
MC-LR from aqueous solutions.

The pH values of biochar and surface point of zero charge are further driving forces in the sorption
mechanism of MCs. Biochars with lower pH, or under lower pH environmental conditions, can still
contain minor surfaces with positive charges, thus columbic attraction between anionic microcystin
molecules and sorbent can still be considered. The pH of the aquatic environment can severely influence
the sorption efficiency of MCs. Generally speaking, sorption of these microbial toxins decreases with
increasing pH of the environment. Sorption processes of MCs are inhibited by electrostatic repulsion
between their mono oxoanionic species induced by increasing pH (2–4) and higher negative charge of
biochar surfaces at pH 3–8 [28].

Additionally, molecules of MCs tend to coil under more acidic conditions, and thus sorption can
be more effective. Higher pH provides higher concentrations of hydrophilic microcystin molecules
and thus a higher tendency of MCs to remain in the aqueous environment rather than to interact
with hydrophobic biochar-based sorbents. Wu et al. [120] confirmed this trend in MC-LR sorption
by natural sediments, and Sathishkumar et al. [85] for MC-LR sorption by peats-derived sorbents.
Ionisable functional groups of MCs and biochar surfaces can be easily protonated or deprotonated at
different pH values. According to Li et al. [74], adsorption of MC-LR on biochars is attributed to the
binding of MC-LR- anions to biochars with pH-dependent charges in aquatic systems. Liu et al. [28]
found the highest sorption efficiency of MC-LR removal by giant reed-derived biochars at pH 3.5.

The sorption separation of MCs by biochar can also be influenced by competitive substances such as
phosphates, citric acid, oxalic acid, and tannic acid, but with negligible effects from gallic acid, nitrates,
and chlorides [74]. These authors suggested anion exchange as a possible contributing factor to MC-LR
adsorption. Liu et al. [28] investigated the contribution of mineral composition to the overall sorption of
MC-LR by giant reed-derived biochar. Their reported results revealed that mineral removal by deashing
treatment barely impacts the adsorption of MC-LR by biochars produced at temperatures < 400 ◦C,
whereas it significantly reduces sorption of MCs by biochars produced at temperatures > 400 ◦C.

Li et al. [74] showed adsorption irreversibility of MC-LR sorbed to wood-derived biochar and
increased accumulation of MC-LR in biochar-amended sediments. The authors confirmed the associated
risk of the undetermined prolonged fate of MC-LR in sediments and thus in aquatic environments.
However, the benefits of high porosity, chemical stability, and significant sorption efficiency for removal
processes of cyanotoxins can help guide the optimization of pyrolysis processes and the creation of a
new class of so-called engineered or designed sorbents for water purification.

7. Conclusions

Elevated cyanotoxin concentrations in freshwater systems and drinking water sources following
toxic cyanobacterial blooms require remediation to reduce risks to human and ecosystem health.
Conventional methods for microcystin removal are insufficient or, as in the case of activated carbon,
too expensive for widespread adoption. Alternative methods exist and have shown interesting
results, but require continued research efforts. This review illustrates the potential of the pyrolysis
process to inexpensively transform organic materials into efficient sorbents. In particular, biochar
has proven effective as a sorbent for MCs in water thanks to its high porosity, chemical stability,
and notable sorption efficiency. The physiochemical properties of a specifically engineered biochar
for MCs remediation can be optimized through manipulating feedstock and pyrolysis conditions.
Future research and product development for MCs sorption separation from contaminated aquatic
environments can consider pyrolysed materials as attractive candidates. This work supports the
continued exploration of inexpensive and feasible water remediation sorbents produced through
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pyrolysis, but also demonstrates the need for further studies evaluating their effectiveness in the field
under diverse conditions following harmful algal blooms worldwide.
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Abstract: Dyes (colorants) are used in many industrial applications, and effluents of several industries
contain toxic dyes. Dyes exhibit toxicity to humans, aquatic organisms, and the environment.
Therefore, dyes containing wastewater must be properly treated before discharging to the surrounding
water bodies. Among several water treatment technologies, adsorption is the most preferred
technique to sequester dyes from water bodies. Many studies have reported the removal of dyes
from wastewater using biochar produced from different biomass, e.g., algae and plant biomass,
forest, and domestic residues, animal waste, sewage sludge, etc. The aim of this review is to provide
an overview of the application of biochar as an eco-friendly and economical adsorbent to remove
toxic colorants (dyes) from the aqueous environment. This review highlights the routes of biochar
production, such as hydrothermal carbonization, pyrolysis, and hydrothermal liquefaction. Biochar as
an adsorbent possesses numerous advantages, such as being eco-friendly, low-cost, and easy to use;
various precursors are available in abundance to be converted into biochar, it also has recyclability
potential and higher adsorption capacity than other conventional adsorbents. From the literature
review, it is clear that biochar is a vital candidate for removal of dyes from wastewater with adsorption
capacity of above 80%.

Keywords: adsorption; biochar; dyes removal; wastewater treatment

1. Introduction

Water pollution has become a major environmental problem globally. Different types of
contaminants, mainly discharged from the industrial and agricultural activities, significantly contribute
to water pollution. One of the major contributors to water pollution is the release of untreated
dye effluents. These dyes are not only harmful to the plants and aquatic life, but also to human
beings. Cancer, allergies, skin diseases are some of the health complications that may arise due to
the ingestion and absorption of dye-contaminated water by humans [1]. Biochar has been identified
as a potential candidate for wastewater treatment. The use of biochar for wastewater treatment has
an added advantage due to the availability of abundance of surface functional groups on biochar
surface and having a large surface area. Biochar is produced by the decomposition of biomass by
thermochemical methods in the absence or low amount of oxygen. Different biomass feedstocks could
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be utilized to synthesize biochar, which include algae, crop residues, forests biomass, and animal
manures. Torrefaction, hydrothermal carbonization, microwave heating, and gasification are some of
the methods available for thermal decomposition of biomass [2,3]. Before biochar can be used, it has to
be subjected to pretreatment processes (e.g., sieving, washing, crushing, etc.), followed by pyrolysis.

Biochar is a heterogeneous, carbonaceous char obtained from thermally treating a large amount of
organic waste/mixture that has been heated and decomposed completely. Biochar exhibit properties,
such as catalytic activity, adsorption efficiency, high porosity, and high surface area, and has been
found to enhance various processes, such as anaerobic digestion, soil retention, and adsorption [4].
As other methods of controlling pollution of water/air/soil, such as membrane separation, ion exchange
filtration, etc., have exhibited significant economic demerits and low efficiencies, biochar has become
an important material to remove the aquatic pollutants [5].

Environmentally friendly, economically feasible, and easily designable adsorbents for the treatment
of water have gained popularity in the past few decades. In this regard, use of biochar, obtained from
natural sources, such as forest and agricultural biomass, organic waste, and animal waste has become
important [6,7]. This review focuses exclusively on how biochar works as an adsorbent for the removal
of dyes, present in water ass pollutants. The inherent properties of biochar make it an ideal candidate for
the adsorptive removal of dyes from water. Biochar has already been established as a viable non-toxic
and environmentally-friendly adsorbent capable of adsorbing a large spectrum of compounds from
wastewater [8,9]. The potential of biochar is influenced by a variety of factors starting from the source
of biomass from which biochar is prepared along with the method of preparation, reaction conditions,
nature of pollutants, and the mechanism of action, all of which have been examined extensively in this
review. The use of biochar as being eco-friendly for the removal of dye from wastewater has been
examined in the past by several researchers [10–13]. This review aims to summarize and provide a
holistic view on the research on biochar as an adsorbent for the removal of dyes from wastewater.

2. Colorants in Water and Toxicity

2.1. Natural and Synthetic Dyes

Dyes can be defined as color-imparting organic compounds that are water or oil soluble; they are
distinguished from pigments that are insoluble. Natural dyes are those that are derived or extracted
from natural sources, such as animals, flowers, roots, mollusks, minerals, etc. Natural dyes are
broadly classified into two types: adjective and substantive [14]. Adjective dyes give permanent
color only when used along with a mordant to bind them to the fabric; meanwhile substantive
dyes contain a natural mordant, called tannin, and can give fast color without the use of additional
mordants [15]. Mordants are compounds that act as a bridge between the fabric molecules and the dye,
holding it in place to promote fastness [16]. Weak acids, such as tannic acid and acetic acid, are some
natural mordants [17,18], while metal salts, such as copper sulfate and ferrous sulfate, can also be
utilized. The use of natural dyes is advantageous as these are relatively non-toxic and renewable
in nature, but their use is not cost-effective in the industrial context, and they fail to give an even
consistent hue when compared to the synthetic dyes. Natural dyes may still be used in domestic and
small-scale operations.

Synthetic dyes are usually unsaturated organic molecules. The first synthetic dye prepared
was Mauve, a reddish-purple dye, which quickly degraded under water or direct sunlight to form
a pale purple color. The first synthetic dye was derived from coal tar, the product resulting from
the carbonization of coal. In the current context, synthetic dyes are more economical and exhibit
better color fastness in comparison to natural dyes; thus, they dominate the market. Though they
are more economical, synthetic dyes are also decidedly more toxic and polluting than natural dyes,
causing environmental pollution and adverse health effects on living organisms [15].
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2.2. Classification of Dyes

2.2.1. Chromophores and Color Index (C.I.)

Atoms or groups of atoms are said to be chromogenic if they are able to impart colour to the dye,
and different arrangements and numbers of these chromogenic groups in a molecule impart different
colors to the dyes. The other atoms or groups of atoms in the molecule, which are bound to the
chromophore, and influence or bring a change in the color of the dye, are called auxochromes [19]. Thus,
different textile dyes have specific structures that contribute to their characteristic colors. Some examples
of chromophores are carbonyl groups, nitro groups, azo groups, or a conjugated pi electron system.
Groups such as hydroxyl, aniline, and sulfonic acid act as auxochromes [20]. Dyes are classified by their
applications and are given a unique identifying name called the Color Index (CI). As dye structures
can be very complex, referring to it by its chemical name can be impractical, and common names
can change between regions; thus, the name of the dye is standardized by using its CI. Every dye
is issued a generic name and a CI number; the generic name consists of the method of application
of the dye (e.g., direct, reactive etc.), the hue, and an identification number. The dye is also given a
CI number based on the functional group and configuration of the molecule. For example, the dye
commonly known as Remazol Red B is referred to as CI Reactive Red 22 (CI number: 14,824) under CI
classification rules [21].

2.2.2. Disperse Dyes

Disperse dyes are mostly non-ionic in nature and are insoluble or very sparingly soluble in water;
they are named so because their application involves dispersing the dye into a very fine suspension
in solvent [22]. The chromogenic groups in disperse dyes are azo, anthraquinone, or nitro groups.
The non-ionic nature of disperse dyes make them an ideal choice for dying synthetic and hydrophobic
fibers, such as acetate, polyester, and sometimes nylon and acrylic fibers [23]. This is because these
fibers are negatively charged and so reactive or basic dyes cannot be used. Only the non-ionic disperse
dyes, which are not affected by surface charge, are able to reliably dye these fabrics. Traditionally,
a carrier is added to the dye to improve the dispersion action and to aid dyeing. Disperse dyes can
be classified from class A to class D based on their sublimation temperature, with class A having the
lowest and class D the highest [24]. Since sublimation temperature depends on the size of the molecule,
class A dyes have lower relative molecular size compared to class D dyes. Due to its sparing solubility,
non-ionic nature, and non-biodegradability, disperse dyes are particularly harmful when left untreated
in wastewater [25].

2.2.3. Direct Dyes

Direct dyes are water-soluble, anionic dyes that, unlike reactive or vat dyes, can be applied
directly onto substrates using a neutral or alkaline bath (using sodium chloride or sodium sulfate) [26].
These dyes have an affinity to cellulosic materials, such as paper, cardboard, cotton, etc., but can also
be applied on fabrics, such as, rayon and silk, with the use of mordants. The chromogenic functional
groups in direct dyes include stilbene, phthalocyanine, oxazine, thiazole, but mainly azo groups [27].
Direct dyes are advantageous compared to other dyes because they have superior lightfastness
compared to most reactive dyed hues, even though they cost less and are, thus, more economical.
They also require less water use and the salt concentrations of the effluent are much less, compared to
most reactive dyes. Some direct dyes, such as, Congo red, are carcinogenic, and have been banned
from use [28].

2.2.4. Reactive Dyes

Reactive dyes have become one of the most widely used synthetic dyes in the industrial context
due to their excellent wash fastness and bright and varied types of hues [29]. The chromophores
in reactive dyes are largely azo groups; blue and green colors are given due to the presence of
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anthraquinone and phthalocyanine structures [30]. Direct dyes are largely used to dye cellulosic
substrates and fibers, although other substrates can be used too. Unlike direct dyes, however,
reactive dyes form new covalent bonds with the nucleophilic sites in fabric molecules, thus leading to
its remarkable wash fastness [21]. Some of the most commonly utilized groups in reactive dyes are
trichloropyrimidine, sulphatoethylsulphone, dichloroquinoxaline, and dichlorotriazin [13]. The major
disadvantage regarding reactive dyes is their environmental threat. Effluent from dyeing cotton,
using reactive dyes, are extremely polluted, having very high chemical oxygen demand (COD),
salt load, and visible color in water [31]. Both, the unfixed dye and its hydrolyzed form, are soluble in
water, and thus their removal is particularly challenging [32]. Some reactive dyes are also associated
with heavy metals, such as chromium, copper, or nickel, and these can later be released into aquatic
ecosystems on degradation of the dye molecule.

2.3. Toxicity of Dyes

The global textile industry is estimated to be worth around $1 trillion USD and its contribution
towards total world exports is around 7%, employing 35 million people worldwide [33]. Thus,
this industry has a high impact on the environment and human health in general, due to the pollution
it causes. The most prominent and destructive form of pollution, caused by the textile industry,
is the water pollution due to manufacturing of dyes. Textile effluents are both aesthetically polluted,
and have high salinity, chemical oxygen demand, and ecotoxicity [34], and due to their increasing
ubiquity in surface water, can lead to adverse effects to human and wildlife health and to aquatic
ecosystems in general. Most synthetic dyes are highly toxic to humans and aquatic beings, and have
acute and chronic effects. For example, reactive dyes are notorious, causing health issues such as,
dermatitis, occupational asthma, rhinitis, and other allergic reactions for the workers involved in these
dyes manufacturing [32]. Dyes are also mutagenic and carcinogenic in nature [35,36], which leads
to chronic effects, such as kidney, urinary bladder, and liver cancer in dye workers. A xanthene
dye called erythrosine is carcinogenic, neurotoxic and DNA-damaging for humans and animals
alike [30]. Metal complexed dyes, which are widely used for their resistance, have heavy metals,
such as copper, nickel, and chromium. When discharged to aquatic environments, these metals can be
taken up by fish gills and can be transferred to humans through the food chain [36]. Current treatment
methods are inadequate to treat dye effluents effectively, because of their recalcitrant nature in aerobic
environments [37], and thus, these substances can linger in soil and lead to bioaccumulation, leading to
complications in organisms higher up the food chain [38]. Thus, current effluent treatment techniques
are inadequate for the dyeing industry and to prevent the further insemination of surface water
with such mutagenic and carcinogenic molecules, we must adopt novel and more effective treatment
techniques, such as bioremediation or biochar adsorption.

3. Treatment Technologies for Dyes Removal from Water

3.1. Coagulation

Coagulation is one of the most popular wastewater treatment techniques used since the early 20th
century. Coagulation is the process of adding chemical compounds to bind particles together until
they acquire a large mass to ultimately settle down. These chemicals are known as coagulants and
carry a positive charge, which are mixed rapidly in the wastewater for uniform distribution. Most of
the dissolved/suspended particles encountered in wastewater carry a negative charge, which are
neutralized by these coagulants, thus making these capable of sticking together. Coagulation process
is usually employed as a preliminary step in wastewater treatment process. The most frequently
used coagulants are iron or aluminum salts. However, wastewater (containing dyes) is rich in color,
and have high COD levels. Hence, conventional methods, such as coagulation, prove inefficient and
moreover cause the problem of sludge disposal [39]. A combination of the conventional coagulation
technique with other treatment methods must be innovated to improve its efficiency. For example,
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combination of coagulation and adsorption techniques was a feasible way for the removal of reactive
dyes from water [40]. The adsorbent used was activated carbon, derived from coconut shells, and the
coagulation process was carried out using aluminum chloride as the coagulant. It was found that the
removal efficiencies for Orange 16 and Black 5 reactive dyes were 84% and 90%, respectively [40].

3.2. Advanced Oxidation Processes (AOPs)

AOPs are chemical treatment methods used to remove the organic/inorganic contaminants present
in wastewater by the oxidizing action caused due to the in-situ production of hydroxyl radicals
(•OH) [41]. These radicals are produced by oxidizing agents (H2O2, O3, KMnO4), catalysts, or UV light.
Some of the AOPs include photocatalysis, ozonation etc. [42]. The following sections briefly explain
some of the AOPs used in dye removal from wastewater.

3.2.1. Ozonation

Most of the dyes, encountered in wastewater, have polycyclic aromatic structures containing
elements, such as nitrogen, metals, and sulfur, which makes it difficult to treat the wastewater
by physical, chemical, and biological methods. Conjugated chains present in the dye structures,
responsible for imparting color, are actively destroyed by ozonation, which is an AOP method that
involves the chemical treatment of wastewater by dissolving ozone in water [43]. Employing ozonation
as a treatment technique is advantageous as zero sludge is generated. Degradation of the dye is
achieved in a single step and furthermore, ozone decomposes into stable oxygen [44]. However,
ozonation as a treatment process very rarely results in complete oxidation, so by-products are usually
formed in the effluent stream [45].

3.2.2. Fenton’s Reagent and Fenton-Like Processes

Fenton’s reagent is a solution of ferrous iron along with hydrogen peroxide, which finds its use as
a catalyst in oxidizing various contaminants present in wastewater. A composite of La-Fe-O [46] was
used as a photo-Fenton catalyst in the presence of light irradiation and hydrogen peroxide, and it was
found that rhodamine B dye was oxidized to 98% within 25 min.

3.3. Membrane Processes

Membranes have been in use for wastewater treatment as early as the 1960s. Since membrane
processes were too expensive at that time, this process was only chosen for specialized applications.
Since the 2000s, membranes have been made cost-effective and are being used with other conventional
water treatment processes. A membrane is a thin, semi-permeable material that is attached to a porous
support, and is used for the removal of dissolved substances, based on properties, such as, size or
charge, when a driving force is applied on it. Membrane processes are used in reverse osmosis (RO),
forward osmosis, nanofiltration, and ultrafiltration.

3.3.1. Nanofiltration

The membranes used for nanofiltration have pore size within the range of 0.1–10 nm. Nanofiltration
membranes have the advantages of separating dyes with a high molecular weight and also have >90%
rejection efficiency for dye removal, making it a promising approach towards dye removal [47].
For example, positively charged polyethylenimine-modified nanofiltration membrane showed
semi-xylenol orange, Tropaeolin O, Victoria blue B dyes removal efficiency of 99%, 98.3%, and 99.2%,
respectively [48].

3.3.2. Forward Osmosis (FO)

FO is a water treatment process that utilizes the osmotic pressure gradient to separate water from
its dissolved solutes. Since FO process is completely devoid for the requirement of a driving force, it is
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more energy efficient compared to reverse osmosis and other membrane separation processes [49].
A thin-film composite membrane was used under forward osmosis by [50], and it was found that it
had a dye rejection rate of ≥96% for commonly used dyes in the textile industries.

3.4. Biological Process

Biological process involves the usage of bacteria, microbes, and other microorganisms to treat
wastewater. These biological processes are environmentally friendly, energy saving, generate low
sludge, and require zero to minimal amount of chemicals to be used. The efficiency of biological
processes could further be increased by varying the environmental conditions to favor the growth
of the microorganisms. Algae is widely used by researchers as a potential option for the purpose
of biosorption, as algae contains proteins, lipids and functional groups such as amino, carboxylate,
sulfate, etc., in its structure [51]. Since algae possesses a wide surface area and excellent binding affinity
in its cell structure, it results in high biosorption capabilities [52]. As algae is easily accessible (highly
abundant in saltwater oceans and freshwater lakes), the use of algae could subsequently be extended
for the dye removal from textile wastewater. For example, chemically (sulfuric acid) modified defatted
Laminaria japonica biomass (renewable brown algae) showed methylene blue adsorption capacity
of 549.45 mg/g, and quasi-equilibrium was achieved within 60 min under optimal conditions with a
biosorbent dose of 0.6 g/L, pH 6 and temperature of 308 K [53].

Bioreactors are also becoming increasingly popular for dyes removal. Usually, a combination of
both aerobic and anaerobic processes is used for the treatment of azo dyes. For example, the removal of
Alizarin Yellow R dye was studied by the combined process of up-flow bio-electrocatalyzed electrolysis
reactor and aerobic bio-contact oxidation reactor in just 6 h of hydraulic retention time [54]. Moreover,
the COD removal efficiency and decolorization efficiency was found to be 93.0 ± 0.5% and 93.8 ± 0.7%,
respectively, in the process.

3.5. Adsorption Process

As far as dye removal from water is concerned, adsorption has been found as one of the
best treatment processes among other conventional water treatment methods due to its low-cost,
affordability, greater efficiency, and the fact that it requires minimum maintenance [55]. Adsorption
also has the added advantage of producing no detrimental residues and having the capacity to
treat a large volumes of water [56]. An adsorbent could also be recycled multiple times for its
usage in subsequent treatment processes [57]. Common materials, such as activated carbon, zeolites,
activated alumina, silica gel and polymeric adsorbents have been widely used for water treatment.
The use of biomaterials for adsorption processes instead of conventional materials is now being the
subject of interest by many researchers as the commercial value of biomaterials is low, and also they
are available in abundance [58]. Naturally-derived biopolymers, which are hyperreactive, chemically
stable, possess good physicochemical properties have garnered significant attention that is worth
looking into for employing these biopolymers for the role of green adsorbents [59]. Table 1 highlights
the major advantages and disadvantages of treatment techniques, available for dye removal from water.

Table 1. The advantages and disadvantages of various treatment technologies for dyes removal from water.

Treatment Technology for
Dyes Removal Advantages Disadvantages

Coagulation

• Reduced time for settling of
suspended solids

• Easy removal of fine particles
• Effective in removing bacteria, protozoa,

and virus

• High cost to spend for frequent
monitoring and accurate dosing

• Huge volume of sludge generation

Advanced Oxidation
Processes (AOP)

• •OH radicals can treat a wide range of
organic material

• Zero sludge production

• Fenton’s reagent AOP results in iron
sludge generation

• High capital and maintenance costs
are expected
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Table 1. Cont.

Treatment Technology for
Dyes Removal Advantages Disadvantages

Membrane Processes

• Minor, valuable products can be
recovered from the feed stream

• Process can be easily “scaled-up”
• No-phase changes involve between the

feed and product stream
• Eco-friendly as simple and non-toxic

materials are used

• High flow rate has the potential to
damage the membrane

• This process results in membrane
fouling effects. Regeneration and
extensive cleaning are required.

• High equipment cost

Biological Processes

• Almost all biodegradable organic matter
is effectively removed

• Efficient attenuation of color
• Eco-friendly and a common wastewater

treatment mechanism

• Slow process
• An optimal favorable environment

is crucial
• Biological sludge generation
• Remediation of dye molecules is tough

Adsorption Processes

• Highly efficient process
• Applicable for a wide variety of

target contaminants
• Treatment technology is easy to employ

• Deterioration of adsorbent performance
when subjected to multiple
operational cycles

• Spent adsorbent is likely to be a
hazardous waste

• Regeneration of adsorbent material
is expensive

4. Biochar

4.1. Biochar Synthesis by Various Methods

Biochar is essentially a by-product formed when a large amount of organic matter (biomass) is
heated at high temperatures in the absence or low amount of oxygen. Therefore, depending on the
source and nature of the raw material, the process to prepare biochar also varies. In the industries
however, there are mainly three processes, which dominate when it comes to the preparation of biochar.
These are pyrolysis, hydrothermal liquefaction, and hydrothermal carbonization [60,61]. The three
processes mentioned are used, depending on the raw material, hence the nature of biochar prepared
by these three processes vary from one another.

4.1.1. Hydrothermal Carbonization

Hydrothermal carbonization in simple words is a method used to produce “structured” carbon
such as charcoal, biochar, etc., from organic matter [62,63]. The main concept behind hydrothermal
carbonization is to replicate natural carbon formation (when bioorganic compounds are exposed to
extreme pressures and temperatures over thousands of years), but accomplish the same result in a
shorter duration. In essence, hydrothermal carbonization is done by taking a mixture of biomass (animal
wastes, plants etc.) and water in a pressure vessel, which is then heated to high temperatures (180–250)
◦C and extremely high pressures of 10 bars or more [62–66]. At such high temperatures and pressure,
the pH of the solution decreases due to the increase in production of oxonium ion. At these specific
conditions, more and more organic matter releases into the water due to the low pH conditions, which
causes the formation of a sludge-like compound that is predominantly made of carbon. The sludge
obtain can be separated and dried. Various compounds such as bio-oil, hydrochar, biochar, carboxylic
acids, ketones, aromatics, etc., can then be used for various purposes [64,67]. Depending on the
required product, the reaction can be stopped at multiple stages to obtain a variety of products.
The biochar produced from regular pyrolysis varies in many aspects from the biochar produced by
hydrothermal carbonization; hence, the product obtained from hydrothermal carbonization is called as
hydrochar rather than biochar. Hydrochar and biochar vary in properties and conditions in which
they are prepared [68], but they are essentially composed of the same chemical constituents and are
prepared from the same raw material [64,65].

27



Water 2020, 12, 3561

Hydrochar produced as a result of hydrothermal carbonization has shown to have large amount
of polyfuran and N-heterocyclic aromatics, which have a tendency to reduce the mobility of nitrogen
thereby, preventing its quick release into the soil [69]. Unlike many types of biochars, it has been
seen that hydrochar produced as a result of hydrothermal carbonization has low organic content and
reduced mobility of heavy metals, which makes it ideal for soil amendment. Addition of hydrochar to
soil has shown to improve water retention capacity, microbial community, nutrient holding capacity,
and much more [69,70]. Since the use of hydrochar has grown considerably only during the last
decade, research on different aspects of hydrochar is still yet to be studied thoroughly. The extreme
conditions of hydrothermal carbonization not only lead to the decomposition and dissolution of organic
matter, but also makes heavy metals “bio-available”. Therefore, detailed research is needed in order to
ascertain the total capacity and effect of hydrochar, especially its use as a soil amendment, and how
different hydrochar produced from different raw materials behave.

4.1.2. Hydrothermal Liquefaction

Hydrothermal liquefaction is essentially a decomposition process in which wet biomass is
converted into a variety of products including bio-oil (liquid), biochar (solid) by means of thermal
depolymerization. Wet biomass is exposed to extreme temperatures (250–550 ◦C) and pressures of
(5–25) MPa. During hydrothermal liquefaction, a variety of chemical processes take place on biomass
including hydrolysis, fragmentation, dehydration, aromatization and repolymerization, which results
in the formation of biochar along with other compounds [71–74]. As stated before, the nature of the
biochar obtained depends on different factors, such as, temperature, pressure, nature of raw material,
residence time, etc. [75]. Extensive research into composition of biomass, and hence the properties
of biochar, suggests that the main constituents of biomass (lignin, cellulose, and hemi-cellulose) play
a key role in influencing the formation, as well as properties of biochar, especially lignin [76–79].
When biomass is heated at 220 ◦C, lignin gets dissolved very easily into water by hydrolysis leading to
the formation of many phenolic compounds. Similarly, cellulose and hemicellulose, which are present in
the biomass, also undergo various reaction leading to the formation of char [71]. Rice husks/pinewood
was used as feedstock into a 100 mL autoclave along with deionized water. The autoclave was operated
for 20 min at 573 K and the products that were formed (bio-oil and biochar) were removed using
acetone, and the biochar was subsequently dried in a hot-air oven [71]. At very high temperatures, all of
the biomolecules present in biomass, such as lignin, completely degraded and, therefore, the conversion
needed to form biochar ceased to occur [71]. Very fast heating and sudden rises in temperatures
inhibit biochar formation and slower and steadier processes are preferred [71]. Many studies show
that physical properties, such as surface area and volume of biochar, is much lower while producing
biochar from hydrothermal liquefaction (HTL) than from pyrolysis, however, recent studies suggest
that biochar produced using HTL seems to be effective in adsorbing heavy metals and acting as
biological catalysts [80].

Even though water is an abundant resource and is easy to use, it has been seen that use of
different types of alcohols (butanol, methanol, etc.) improves the properties of biochar, as well as the
amount of biochar that will be produced by HTL [81]. However, it was observed that water does not
support polymerization reactions and, hence, production of bio-oil is more preferential as compared to
biochar when water is used as a solvent [71]. Chemically prepared biochar as a result of hydrothermal
liquefaction, has been found to have very high oxygen content in the form of hydroxyl, carboxyl,
cyclic oxygenates, such as phenyls, glycerol, etc., and particularly phenol and lactone hydroxyls in
biochar formation from rice husks/pinewood [71,75,81]. The functional groups in each biochar vary
significantly and temperature plays a key role in determining the functional group. For example,
if biochar is prepared at 280 ◦C and 360 ◦C, the functional groups were significantly less in the biochar
prepared at higher temperatures [71].

Alcohol as solvent has significant advantages over the use of water, some of which include better
reaction conditions, ability to release hydrogen for stabilization, higher reactivity with acid-components
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to form esters compared to water [81]. Apart from increase in biochar production, bio-oil production is
also significantly increased, when alcohol is used as a solvent. Usage of glycerol as co-solvent acts as
a high lipid additive and helps in converting low-lipid algae into bio-oil and biochar, which would
usually be difficult and would require extreme conditions, which are not economical [81]. In conclusion,
hydrothermal liquefaction is a process, which is still improving, and certain characteristics can be
helpful under certain specific conditions when necessary.

4.1.3. Pyrolysis

Pyrolysis is mainly used to produce many forms of carbons from biomasses under high temperature
and inert conditions. However, as engineering advances, the use of pyrolysis for converting biomass
to syngas and biochar has grown significantly. As the other processes described earlier, the products
that are formed as a result of pyrolysis significantly depend on the biomass, reaction conditions,
and feedstocks used. Bio-oil, which is formed as a pyrolysis result, can easily be upgraded into higher
grade fuel and can be used for various applications [82]. Biochar is a valuable product formed from
pyrolysis and has seen growth in applications such as improving soil retention, soil amendment,
catalyst, carbon sequestration [82] and, hence, learning and gaining knowledge of production of
biochar is of great interest. Use of biochar as soil amendment has shown promising results in the
agricultural field and, hence, different types of biochars and different type of preparation techniques
are studied in order to obtain the most effective biochar, which is capable of increasing soil nutrient
availability, porosity, fertility, etc. [82]. Biomass with higher calcium oxide (lime) content when heated
at temperature above 450 ◦C results in biochar with low amounts of oxygen functional groups and
increased stability [82]. Further use of additives, such as phosphorus, zinc, iron, etc., during pyrolysis
also modify biochar and, hence, expands its applications in various fields [83–85].

In the past few years, there has been extensive research on different methods of pyrolysis,
which can affect the conversion of biomass to biochar. Optimization of pyrolysis methods makes it
economic and advantageous over other processes. Figure 1 highlights the most preferred techniques for
biochar production from various biomasses. The nature of biochar produced, as a result of pyrolysis,
depends on many factors, some of which are biomass pre-treatment, reactor type, and dimensions,
pressure, residence time in the reactor [86]. Compared to other processes, such as hydrothermal
carbonization or hydrothermal liquefaction, pyrolysis has an advantage because of the fact that it can
be used for a wide range of biomass and waste materials [87].
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Reactor designs and reactor types also have an important role to play and information regarding
their influence on the type of pyrolysis has been studied [87]. In general, reactors such as auger
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reactors, rotary and drum Kilns are commonly used for pyrolysis. When the operating temperatures
in these reactors are extremely high in the range of 800 ◦C to 1300 ◦C, the pyrolysis is referred to
as fast pyrolysis [87]. The concept behind fast pyrolysis is that when the temperature is very high
and residence time is low, char formation is prevented and the biomass undergoes thermal cracking.
Slow pyrolysis, such as the name suggests, involves very slow rise in temperatures and very high
residence time, thereby getting maximum exposure of biomass to heat [88]. Contrary to fast pyrolysis,
in slow pyrolysis, liquified products are kept to a minimum and solid carbonaceous char is preferentially
produced. Finally, pyrolysis is flexible in the sense that it can operate at varying reaction conditions
and with different types of feedstocks, hence, resulting in a large variety of products. The biochar
obtained as result of pyrolysis of sludge (wastewater sludge) has seen to have many properties, such as
nutrient recyclability, heavy metal immobilization, good pore structure, and alkaline nature [89].

Due to its versatility and flexibility and its ability to operate on a wide range of raw feedstock, it is
the ideal process to choose. Further, biochar formed because of pyrolysis is extremely valuable, and can
be modified in a multitude of ways for various purposes. In recent times, pyrolytic biochar has been
used in soil remediation, wastewater treatment, catalytic enhancer, and much more. Since research
on this particular subject is still ongoing and different strides are being done on a consistent basis,
one can only assume that this process is going to be more efficient and more economical in the
future. Supplementary Table S1 depicts different methods of biochar synthesis, based on their sources,
methods of preparation, and preparation conditions.

5. Biochar as an Adsorbent

Biochar, being environmentally friendly and extremely versatile, has been seen as a novel material
for treating wastewater. Due to biochar adsorption properties, it has been a viable method to adsorb
colorants that are potentially toxic and harmful to the environment.

5.1. Effect of Operational Parameters on the Adsorption of Dyes by Biochar

Biochar as an adsorbent works under extremely specific conditions. Concentration of dye/biochar,
temperature and solution pH play important roles in determining the efficiency of biochar [90–95].
Nickel modified biochar was capable of adsorbing methylene blue with an adsorption capacity of
479.49 mg/g at 20 ◦C from wastewater [96]. Initially when the concentration of methylene blue was low,
the adsorption by biochar was high due to the large number of active sites still available on the biochar
for adsorption. Competitive adsorption was found to hinder the efficiency of adsorption of methylene
blue by the biochar [96]. Research on the adsorption and degradation of acid red dye revealed that
increase in temperature of the solution increased the rate of decolorization [97]. In this particular study,
the temperature was maintained between 30 to 50 degree Celsius and it was observed that increase in
temperature increased the rate of molecular collisions and, hence, the rate of the reaction resulting in
the rapid increase of adsorption and decolorization of the solution.

One major factor that has constantly been seen to affect the way biochar behaves as an adsorbent
is pH. In most studies, we see that the variation in pH causes major effects on the adsorption process
using biochar. In study [91], on the investigation of the adsorption of methylene blue from wastewater,
authors noted that the pH had a great influence on the degradation process of the dye. They observed
that the efficiency of removal of the dye increased from a pH of 2 to 7 and then decreased from a pH of
7 to 11, which was due to the fact that the active sites on the surface of the biochar combined with
the abundantly present hydroxyl groups, which caused a decrease in efficiency. A similar study was
conducted by other researchers [92] on the adsorption of Congo red dye using biochar, made from
organic peel waste, and the effect of different operational parameters on its adsorption was examined.
It was observed that when the pH was kept between the range of 2–3, acidic conditions prevailed and
the presence of H+ ions aided the adsorption of Congo red dye onto the active sites present on the
biochar. At the same time, however, for a pH of higher than 7, alkali conditions prevailed and the
presence of OH- ions hindered the adsorption of dye onto the biochar by competing for the active sites
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on the biochar. The results obtained in this study [92] were similar to that of other study [91], as both
studies concluded that higher levels of pH are not ideal for the adsorption of dye using biochar due
to undesirable electro-static conditions that were developed. The adsorption of organic dyes using
food waste biochar was conducted and the effect of different parameters were examined [93]. As far as
the effect of pH is concerned [93], authors observed that the removal efficiency of dye decreased by
around 5% only, when the pH was altered from 3 to 11. However, when looked at more deeply, it was
seen that the decrease in removal efficiency was not uniform overall, but was uniform between pH of
3–9 and a drastic decrease was observed, when pH approached to 11. Authors attributed this effect
to the fact that when pH increased, decomposition of hydrogen peroxide decreased along with the
conversion of carbonate and bicarbonates to their corresponding acid, which caused low reaction with
OH− radicals, which finally led to the decrease in solubility of iron that was present in the biochar.
Therefore, in this particular case observed by [93], we see that the decrease in removal efficiency, due to
changes in pH, is not as pronounced as in the other cases. In the experiment pertaining to adsorption of
methyl violet dye using biochar conducted by [98], for pH values > 6, it was found that the adsorption
of dye was favored, and the trend observed was due to the fact that at very low pH, the concentration
of H+ ions is significant and, hence, they compete along with the cationic dye (methyl violet) for
the active adsorption sites on the biochar, thereby decreasing the percentage of removal of the dye.
When an anionic dye, such as Congo red, is to be removed, the trend relating to the effect of pH may
vary compared to other commonly seen dyes. In another study [99] focusing on the removal of dye
using biochar, it was observed that when pH increased from 2 to 11, a significant decrease in removal
percentage of dye was observed. Authors of this study [99] inferred from the observations that the
decrease in removal efficiency between pH of 2 and 6 was due to the fact that at low pH < 2, the number
of H+ ions were significantly more and, hence, the adsorbent molecules acquired a positive charge and
became cationic, increasing the adsorption of an anionic dye, such as Congo red, significantly. We see
from the above-mentioned studies that the nature of dyes has played a significant role in determining
the optimum pH for adsorption. When a dye is anionic, it has been observed that acidic pH (<2) is
favored since the adsorbent surface (biochar) being positively charged due to the increase in presence
of H+ ions and it electrostatically favors attraction of anionic dyes and when a dye is cationic, increase
in pH (>2) is favored as higher pH increases the presence of OH− ions, which in turn makes the surface
of biochar negative, which promotes the electrostatic attraction between the positively charged cationic
dye and the negatively charged biochar surface [100,101]. From the studies we discussed above, it can
be said that the interdependence between pH and adsorption is a key concept needed to understand the
process of adsorption and that a large number of factors are responsible for different trends that may
be observed. Figure 2 provides the schematic route of adsorption of dye from wastewater by biochar.
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The dosage of adsorbent as well as adsorbate influence the extent of adsorption of dye and
are important parameters to be considered. In a study of adsorption of dye using biochar [102],
the removal percentage and capacity of adsorption were influenced heavily by the dosage of adsorbent.
Even for a small increase in dosage of adsorbent caused the removal percentage to increase significantly
(almost an 80 percent increase) and remained constant after a certain maximum dosage was reached.
This phenomenon, according to authors [102], was due to the fact that at higher dosages of adsorbent,
the number of active sites, as well as surface area of adsorption, will increase drastically, which in turn
will increase the removal percentages of the dye present in water. A similar increase in percentage of dye
removal with increase in adsorbent dosage was also observed in other studies [99,103,104]. The removal
percentage of dye increased significantly for a very small increase in adsorbent (<1 g/100 mL) in all
of the above-mentioned studies. This was similar to another study [102], which concluded that the
increase in percentage of dye removal was because of the increase in dosage of adsorbent, which in turn
increased the active sites for adsorption as well the surface area of adsorbent. However, the percentage
of dye removal remained constant after a certain dosage of biochar due to the decrease in amount of
dye molecules adsorbed per unit mass of adsorbent and the decrease in specific uptake [99]. Therefore,
there will be no change in overall removal efficiency of dye by biochar after an equilibrium point has
been reached. A similar conclusion was also achieved by [105], where switchgrass biochar was used as
an adsorbent. It was observed that an increase in the dosage of biochar increased the removal percentage
of dye and it reached an equilibrium percentage at around 50 mg of adsorbent dosage. Authors of
this study [105] related this behavior to the increase in active binding sites and surface area due to the
increase in dosage, which is similar to what has been concluded previously by other researchers [97,106].
When we assume the contrary, i.e., if the amount of dye is increased with the constant dosage of the
adsorbent, the kinetics will depend on the equilibrium point, where the rate of adsorption of dye is
equal to the desorption of already existing dye molecules [99]. The percentage removal will initially
increase, and a small decrease may be seen, owing to the fact that the active sites present on the
adsorbent (biochar) are completely occupied and the surface area that is free for adsorption decreases,
while the number of dye molecules/reactive species adsorbed increases [99,106,107]. However, there are
cases where the increase in concentration of dye indirectly increases the adsorption capacity of biochar
until an equilibrium point after which no more adsorption is observed as all active sites on the biochar
surfaces have been completely occupied by dye molecules, leaving no room for further adsorption [101].
The trends we discussed above, more or less, are similar in many aspects when it comes to the reason
behind the increase/decrease in efficiency of dye removal. The operational parameters under which
biochar works are of vital importance in order to understand and interpret the process of adsorption or
other similar processes that might occur.

5.2. Adsorption Kinetic Studies

In order to understand the adsorption process and the rate of adsorption, kinetic studies are
conducted. Kinetic studies have been extensively used by many researchers in order to study the
mechanism by which adsorption takes place. Most adsorption kinetic studies apply pre-existing
models, which act as guide to illustrate the adsorption mechanism. Pseudo first order, pseudo second
order, and particle diffusion models are among the widely used models to describe the adsorption
process. A wide range of standard models are available that describe adsorption at different conditions
and the most suitable can be chosen for the given experimental conditions [108]. Adsorption of
dyes using rice husks biochar was investigated, and from various kinetic models that were tested,
pseudo second order model was the most suitable one to describe the experimental observations of
the adsorption of malachite green dye using biochar [104], and the Elovich model was used in order
to conclude that the mechanism of adsorption was chemisorption. In comparison, a similar study
conducted on adsorption of Congo red by manganese composite biochar, it was observed that pseudo
first order model was able to explain the kinetics of adsorption for a fixed amount of adsorbent and
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adsorbate [103]. These kinetic models not only can be used to describe the experimental observations
of adsorption capacity, but they also indirectly indicate a way to describe the mechanism of adsorption.

In a study [109], the adsorption of methylene blue was examined using sugarcane bagasse biochar,
and it was observed that pseudo second order kinetic model fitted well to the experimental results.
It was also inferred that the mechanism of adsorption was chemisorption. Hence, the use of kinetic
models is not restricted to only a mathematical result, but can also provide information regarding
the mechanism of action. Factors, such as nature of biochar and the nature of the dye to be removed,
also play key roles in determining the adsorption kinetics. The adsorption kinetics varied depending on
the biochar used and the rate of adsorption varied progressively (fast to slow) [110]. Authors inferred
that it was because of inherent properties, such as pore volume and size, that caused the discrepancy
in the rate of adsorption and choice of kinetic model, which was in conjunction to similar observations
made by other researchers [111–113]. In examination of adsorption of reactive red dye using ball-milled
biochar, the adsorption rate was initially fast and then gradually became slower [111]. From calculating
the values of coefficient of determination (R2), it was able to conclude that intra particular diffusion
model had the most appropriate fit and hence, the mechanism of adsorption was primarily diffusion,
and the removal of dye was influenced mainly by the external surface area [111].

Adsorption of acid chrome blue K onto Cetyl trimethyl ammonium bromide modified magnetic
biochar was reported in [112]. The first 600 min showed a rapid increase in adsorption of the dye by
biochar until it slowed down and reached an equilibrium stage after 60 min. In most cases, we see
that the increase in dosage increases the rate of the adsorption (Section 5.1), i.e., removal efficiency
of dye and, hence, the kinetics vary correspondingly. Another study involved the adsorption and
degradation of acid red 88 dye from solution using Fe-Mn composite biochar [114]. In this study,
authors observed that the change of dosage of biochar increased the removal efficiency and increased
the rate of adsorption, which agreed with the pseudo first order kinetic model theoretically. Similar to
the method used by [111,115], which inferred using a pseudo second order kinetic model that, in the
adsorption of methylene blue using biochar (municipal waste derived biochar), the rate limiting
step was the chemisorption step, and that the pseudo second order kinetic model was much more
efficient than the other models in describing the particulate and liquid film diffusion and surface
adsorption processes.

Thus, we see that the use of kinetic models is not entirely restricted to just correlating the
experimental and theoretical values of adsorption efficiency, rate of adsorption and equilibrium
adsorption, but can also be used to infer various possible mechanisms of adsorption based on the
numerical values that are obtained. Contrary to previous observations by a large number of researchers,
it is not always possible to obtain the mechanism of adsorption by using a suitable kinetic model [116].
The reason for this discrepancy stated by [116] was that the mechanisms of dye adsorption by hydrogen
bonding (as dyes are present in the solution phase) may have been misrepresented diagrammatically
in the previously established standards, which researchers often refer to. Therefore, if we look at what
has been observed and concluded by the various researchers of this specific topic (adsorption of dyes
using biochar), we see that, even though adsorption kinetic studies have their merits, they may be
inherently flawed, if they are not studied extensively and deeply.

Table 2 elaborates the description of different kinetic models that are used in adsorption studies for
dyes removal. To summarize, we see that the knowledge regarding kinetics of adsorption is an extremely
helpful and intuitive way of understanding how adsorption takes place. Primarily a mathematical
concept, one can infer various aspects regarding adsorption from kinetic studies. Considering all
the influencing factors and different experimental conditions, one can apply kinetic studies to study
the adsorption of dyes or any such pollutant using biochar and gain a much deeper and greater
understanding of the concept [108].
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5.3. Adsorption Isotherm Studies

An adsorption isotherm is an empirical equation, which relates the equilibrium concentration
of solute, and is adsorbed on the surface of an adsorbent to the concentration of solute present
in the liquid solution with which it is in contact with, as a function of pressure under constant
temperature. For choosing the optimal isotherm model for the adsorption process, the following
criteria must be fulfilled: (1) the isotherm model and the calculated equilibrium data must have a good
fit; (2) the function of isotherm must be thermodynamically realistic; and the (3) analytical calculation
of concentration from capacity and vice versa must be possible even in ideal scenarios [120].

A biochar prepared from pyrolyzed rice husk showed that the maximum removal of Malachite
green dye by the biochar was 99.98% with an adsorbent dosage of 0.2 mg/L, dye concentration of 20 mg/L
at pH of 6.2 over a period of 2 h [104]. Freundlich, Dubinin–Radushkevich, Langmuir, and Temkin
isotherms were studied in order to determine the best fitting of the models. Langmuir isotherm model
was found to have the best fit. This led to the inference that Malachite green dye had uniform binding
energy with the active sites on the biochar, which was distributed homogeneously across the adsorbent
via the mechanism of physisorption. An eco-friendly biochar was synthesized by the pyrolysis of Ashe
Juniper and, thereafter, functionalized by sulfuric acid for the removal of methylene blue, a hazardous
dye [121]. The Langmuir model had a higher correlation coefficient (R2) value of 0.96 compared to the
Freundlich model, which only had an R2 value of 0.94. Since the Langmuir model was determined
as the better fit, it implied that the biochar was monolayered, had identical binding sites distributed
equally across its surface for dye adsorptive removal.

The fallen leaves from Magnolia Grandiflora L. were converted into biochar by subjecting it
to slow pyrolysis for the removal of methylene blue dye [122]. Maximum dye adsorption was
observed as 101.27 mg/g at an ionic strength (NaCl) of 0.1 M, pH level of 12 and at 303 K. Langmuir,
Freundlich, Temkin, and Harkins–Jura models were tested. The experiments were performed at
three temperatures (293 K, 298 K, and 303 K). Langmuir isotherm model was the best-fitted one and
the adsorption process of methylene blue onto the biochar was found to be endothermic process.
Furthermore, the dimensionless separation factor (RL) had values of 0.139, 0.273, and 0.139, respectively,
which clearly ranged between 0 and 1 for all three temperatures, suggesting favorability for the
adsorption process. Freundlich isotherm model also proved favorable as the Freundlich adsorption
intensity (1/n) values were 0.12, 0.09, 0.14, respectively, which were also between 0 and 1 for all three
different temperatures. Temkin model had shown binding energies of 33.98, 51.36, and 46.78 kJ/mol,
respectively, at the above different temperatures, implying that the adsorption process not only consists
of an ion-exchange mechanism, as the binding energy should be within the range of 8–16 kJ/mol for
the model to be accepted. For the Harkins–Jura model, the correlation coefficient (R2) values were the
lowest compared to other models, implying that multi-layer adsorption process had low correlation.
The Langmuir model was concluded to be the best fitted among other models due to a high R2 value of
>0.99. This demonstrated that the biochar surface was homogenous and methylene blue was adsorbed
as monolayer, distributed equally throughout its surface.

Empty-fruit bunch fibers were activated by chemo-physical processes to prepare the biochar for the
removal of Cibacron Blue 3G-A dye from aqueous solution [123]. The maximum dye removal was 99.05%
by the biochar at optimal conditions of an adsorption dosage of 0.10 g/100 mL, dye concentration
of 100 mg/L at a pH value of 10, temperature at 343 K over a period of 45 min of contact time.
The adsorption isotherm models considered in this study were only Langmuir and Freundlich models.
The correlation coefficient (R2) for both models was greater than 0.9. The dimensionless separation
factor (RL) for Langmuir isotherm was found to be between 0 and 1, suggesting that the adsorption
process was feasible. For the Freundlich isotherm, the Freundlich adsorption intensity (1/n) was also
between 0 and 1, which was a good indication of favorability of the adsorption process. It was finally
concluded that Freundlich isotherm was a better fit compared to Langmuir, due to its high R2 value
compared to the latter. This also led to the inference that the surface of the biochar was heterogeneous,
multilayer and the mechanism of adsorption was physisorption. Table 3 summarizes the most common
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isotherms studies in dye removal studies. Table 4 elaborates the detailed literature on the adsorption
capacity of biochar adsorbents on dye removal.

Table 3. Adsorption isotherm studies of different dyes onto biochar.

Adsorbent Adsorbate Applicable Isotherm Models Reference

Mg-Al-layered hydroxide
intercalated date-palm biochar
composites

Methylene blue Langmuir, Freundlich [124]

Rice husk biochar Congo red Langmuir, Freundlich [125]

Cow dung biochar Congo red Langmuir, Freundlich [125]

Magnetic chicken bone biochar Rhodamine B Freundlich [126]

Chitin derived biochar Methyl violet Freundlich, Langmuir, Liu [98]

Switchgrass biochar Methylene blue Langmuir, Freundlich [90]

Switchgrass biochar Orange G Langmuir, Freundlich [90]

Switchgrass biochar Congo red Langmuir, Freundlich [90]

Banana peel extract and FeSO4 Methylene blue Langmuir, Freundlich,
Dubinin-Radushkevich [127]

Chemically modified lychee
seed biochar Methylene blue Langmuir, Freundlich, Temkin,

Dubinin-Radushkevich [117]

Bamboo shoot shell biochar Rhodamine B Langmuir, Freundlich [128]

Cetyl trimethyl ammonium
bromide modified magnetic
biochar from pine nut shells

Acid chrome blue K Langmuir, Freundlich [112]

Bovine bone biochar Basic Red 9 Langmuir, Freundlich [110]

Fish scale biochar Basic Red 9 Langmuir, Freundlich [110]
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5.4. Mechanisms of Dyes Adsorption onto Biochar

The mechanism of removal of dyes from wastewater using biochar involves many complex
interactions (both chemisorption and physisorption) between the adsorbate (dye) and adsorbent
(biochar). Current literature leads us to a conclusion that the adsorption involves multiple mechanisms
working together, some dominating, others based on prevailing conditions of the system. Depending on
the dyes, biochar and solvent, mechanisms, such as pore-filling effect, van der Waals interaction,
electrostatic interaction, chemical action, ion exchange, surface complexation, π-π interactions, cation-π
interactions could play important roles in the adsorption process [135].

Adsorption of positively charged methylene blue dye (MBD) using municipal sewage sludge
and tea waste derived biochar was investigated [11]. The impact of pH on adsorption showed that
adsorption was influenced by the pH; for pH lower than 2, the removal efficiency of MBD was only
80%, while it was nearly 100% at a pH of 11 [11]. This strongly suggests that the adsorption mechanism
involved electrostatic interaction. At low pH, the abundant H+ ions occupied the limited bonding sites
on biochar and repelled the positively charged MBD molecules, but as pH was increased, the bonded
sites were deprotonated and were free for the MBD molecules to interact, thus, greatly increasing
the adsorption capacity. The alternate mechanism could involve ion exchange; as the concentration
of released metal cations (Ca2+, Na+, K+, Mg2+) by the biochar in the equilibrium solution was
recorded and it was found that concentration of these ions was greatly increased after MBD adsorption,
especially Na+ and K+ ions, indicating that these ions were involved in the ion exchange process.

A study of malachite green dye (MGD) on activated biochar, derived from Opuntia ficus-indica,
possessing a meso-porous structure showed increased physical adsorption capabilities; which indicated
that the pore filling effect was the main mechanism [118]. Hydrogen bonding between the MGD
functional groups and the biochar could have supplemented the adsorption process. The activated
biochar also possessed amine and hydroxyl groups (according to XRD and FTIR analyses), which are
electron rich in nature, while the MGD possessed electron-deficient functional groups as part of
the aromatic ring. Thus, depending on the pH of the solution, π-π electron donor–acceptor (EDA)
interactions and cation- π interactions would have also been possible.

A study of surface and structural parameters of biochar and their impacts on Qm (maximum
adsorption capacity) of MBD was conducted using biochar, derived from cashew nut shells [136].
It was found that Qm varied linearly with the volume of pores having a diameter between 1.6 and
2 nm, and adsorption capacity was mainly dependent on these pores. This was because this pore size
diameter closely corresponds with the size of the MBD molecule; thus, biochar adsorption can be very
selective in the wastewater treatment by closely controlling the volumes and diameter of surface pores.
The study also found high correlation between Qm and presence of weakly acidic phenolic groups
on the surface of the biochar. These groups attract MBD molecules by dipole-dipole interactions or
hydrogen bonding, both facilitated by the aforementioned phenolic groups.

Removal of MGD, MBD, and Rhodamine B dye (RBD) using biochar was examined and it was
found that the intramolecular diffusion process, involved in adsorption, is rate-limiting [96]. The first
step is fast, getting progressively slower due to the reduced adsorption intensity and decrease of
unoccupied active sorption sites on biochar surface. Fourier Transform Infrared Spectroscopy (FTIR)
analysis also showed the presence of hydroxyl and carbonyl groups leading to adsorption by hydrogen
bonding and π-π stacking. Biochar derived from crab shells, which were rich in calcium, was studied
to adsorb MGD and Congo red Dye (CRD) [131]. Zeta potential analysis showed normal electrostatic
interaction activity for both dyes but FTIR and XPS analysis of biochar showed a marked difference
before and after adsorption, with typical calcite bands (1440, 873 and 710 cm−1) in biochar missing
after CR adsorption, corroborated with the results of XPS spectra (decreased intensity of peaks at
348 and 438 eV) [131]. This suggested that calcite and CaO were involved in CR adsorption by
biochar; this theory was further proven by the fact that crab shell biochar was more efficient without
acid washing, indicating that the calcium ion interactions in adsorption had a positive effect in
dye adsorption.
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From the current literature review, it is apparent that there is a lack of studies to assess biochar
performance in systems with more than one dye. Studies thus far have only utilized single dyes,
adsorbed using batch processes. While studies such as [137,138] used textile effluents, which contained
more than one particular dye, they failed to enumerate them and thus, the influence of the interactions
of multiple dyes and biochar is unknown. It is essential, in an industrial wastewater treatment setting
to determine the performance of biochar while simultaneously adsorbing multiple dyes. As [139]
suggests, depending on the type of effluent, multiple treatment technologies could be combined to
treat wastewater.

5.5. Potential Drawbacks of Using Biochar as an Adsorbent

In the above-mentioned sections, we extensively reviewed the potential of biochar as an adsorbent
for the removal of dyes; however, the use of biochar possesses certain drawbacks. In most of the
research that has been citied, we see that biochar is used under extremely specific conditions of dosage,
temperature, etc., which determine how the process takes place. Hence, subsequent steps need to
be performed to remove the biochar from the wastewater before reusing it for other applications,
which can increase the cost of treatment. Few studies [116,126] which investigated the use of biochar
as an adsorbent for dyes removal, concluded that in both cases, the efficiency of biochar decreased after
prolonged usage. Therefore, we see that biochar as an adsorbent may require additional processes of
desorption and that this could cause potentially economic drawbacks. Most commonly used biochars
contain a significant amount of heavy metals, thereby increasing the risk of pollution due to excess
desorption of these heavy metals [140–142]. Moreover, ref. [142] studied the environmental risk
associated with different types of biochar containing heavy metals (derived from sludge of swine
wastewater) and examined how they may affect the environment during the application of the biochar.
Authors observed that the temperature, at which the biochar was prepared, played a crucial role in
immobilization of heavy metal ions and it was found that 600 degrees Celsius was the ideal temperature
for immobilization and heavy metals seemed to contaminate the environment at other undesirable
temperatures. Moreover, ref. [140] extensively studied the effects of environmentally persistent free
radicals on wastewater and soil. The free radicals (produced under certain carbonization and pyrolysis
conditions), which may mobilize, may pose a significant threat to the environment if they are not
monitored and managed. Furthermore, [140] research led to the conclusion that even though biochar
finds a plethora of applications in various fields, it still possesses a significant threat as a pollutant
to the environment if not used properly. A similar study was conducted by [141], in which the effect
of temperature and raw material on biochar toxicity was studied. Their study suggested that at
certain temperatures, heavy metals tend to diffuse and, hence, pollute the surrounding environment
(wastewater in this case). It was observed that at exceedingly high temperatures, the heavy metals
tend to volatize and temperatures of around 400 degrees proved to increase the volatility of cadmium
in comparison to the other heavy metals, hence enabling pollution of the surroundings through heavy
metal contamination. Therefore, we see heavy metals diffusion into the surroundings, while biochar is
used as an adsorbent, is of crucial environmental concern, and despite its wide application, it does
possess certain drawbacks, which need to be taken into account before its usage.

6. Conclusions and Future Perspective

Biochar was found to be an outstanding candidate for the remediation of dyes from wastewater,
as evident by the literature reviewed herein. Advanced oxidation processes (AOPs), such as ozonation
and Fenton oxidation processes, provide a good removal of dyes and colorants, ranging from 85%
to 95% within a time span of 30 min to 1 h. However, these processes have disadvantages, such as
being expensive and skill intense. Whereas, the membrane-based processes, such as nanofiltration
and forward osmosis, are highly effective, and result in more than 99% removal rates within a few
minutes. These membranes are highly vulnerable and need replacement very often. Biochar produced
in hydrothermal processing of biomass, upon surface modification, would act as an effective adsorbent
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that could remove dyes from synthetic and real industrial wastewater. Pyrolysis and hydrothermal
carbonization have been the most preferred techniques to processing various types of feedstocks
(agricultural waste, algae biomass, sludge, plant residue, etc.) for biochar production. Most of the
biochar-based adsorption processes exhibit chemisorption mechanism. Kinetic studies were exclusively
carried out to these systems. Pseudo first or second order kinetic models fit well with experimental
data. Furthermore, adsorption isotherm studies were also carried out by many researchers. Of all the
isotherm models studied, Langmuir or Freundlich isotherm models fit most of the systems with R2

values higher than 0.95, showing it as a good fit. The adsorption capacities of biochar-based adsorbents
sometimes resulted in as low as 30.03 mg/g to as high as 20,317 mg/g. pH values play an important
role in deciding the adsorption capacity of the biochar. Many studies were carried out to study the
threshold pH values and results showed that in most of the cases, biochar could tolerate lower pH
values up to 2 and higher pH values up to 11. Still, the removal efficiencies reached more than 80%.

The future scope in using biochar as adsorbent is huge. Engineered biochar and selective
modifications will improve the efficiency of the biochar. Embedding metal frameworks derive catalyst
quality biochar, which can be used for many advanced oxidation processes as a cheap catalyst.
Moreover, regeneration and reuse of spent biochar adsorbent is a prominent niche in the research of
biochar adsorbents. Very few studies have emerged in using spent biochar as soil amendment and
additive in various biological degradation processes. Biochar can also be used as biocarriers after
using as adsorbents. Studies on biochar–dye interaction will be important, as the problem of dye
contamination in water is growing in most of countries worldwide.
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Abstract: Polycyclic aromatic hydrocarbons (PAHs) and phenolic compounds had been widely
recognized as priority organic pollutants in wastewater with toxic effects on both plants and
animals. Thus, the remediation of these pollutants has been an active area of research in the field
of environmental science and engineering. This review highlighted the advantage of adsorption
technology in the removal of PAHs and phenols in wastewater. The literature presented
on the applications of various porous carbon materials such as biochar, activated carbon (AC),
carbon nanotubes (CNTs), and graphene as potential adsorbents for these pollutants has been
critically reviewed and analyzed. Under similar conditions, the use of porous polymers such as
Chitosan and molecularly imprinted polymers (MIPs) have been well presented. The high adsorption
capacities of advanced porous materials such as mesoporous silica and metal-organic frameworks
have been considered and evaluated. The preference of these materials, higher adsorption efficiencies,
mechanism of adsorptions, and possible challenges have been discussed. Recommendations have
been proposed for commercialization, pilot, and industrial-scale applications of the studied adsorbents
towards persistent organic pollutants (POPs) removal from wastewater.

Keywords: adsorption; phenols; polycyclic aromatic hydrocarbons; wastewater

1. Introduction

Organic pollutants, such as polycyclic aromatic hydrocarbons (PAHs), phenols, and their derivatives,
are one of the major pollutants that are frequently detected in wastewater. They are usually originated
from both natural and anthropogenic sources, such as bush-burning, volcanic eruptions, petroleum
exploration and refining, mining etc. [1,2]. They are usually run-off into the water bodies where
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they reside in the ground and surface water, thus resulting into environmental problem for decades.
They are highly lipophilic, semi volatile, and accumulative in water and can be transported into various
water compartments due to their non-biodegradable and persistent nature [3,4]. They are categorized
as persistent organic pollutants (POP’s) in the water. When present in the living cells, they are capable
of undergoing bioaccumulating and biomagnifying through food webs into different trophic levels
of organisms, and subsequently into humans [5].

PAHs are organic compounds consisting of two or more fused benzene ring molecules. They mostly
result from petroleum refining, fuel combustion, coal mining and processing, coke production, oil shale
pyrolysis, chemicals production, and other industrial processes. Various research conducted in different
parts of the world have shown considerable increase in the PAHs concentrations in the receiving water
bodies. Thus, PAHs could be ubiquitously transported into the rivers [6,7], fresh and terrestrial water [8],
municipal wastewater treatment plants [9], and consequently exposed to the human being and aquatic
organism. They are classified based on the number of rings they contained into low molecular weight
(LMW-PAHs) and higher molecular weight (HMW-PAHs). The former comprised those PAHs with
two to three benzene rings, while the latter are made of four to six rings. In comparisons, the latter are
more toxic and persistent to the water due to their low solubility [10,11]. The United States Protection
Agency (USEPA) has listed 16 PAHs as potential toxic and carcinogenic and thus they have priority
concerned. The structures, molecular weight, and log p values of the PAHs are highlighted in Table 1.

Table 1. Chemical structures and log p values of polycyclic aromatic hydrocarbons (PAHs).

Compound Formula Abbreviation Structure
Molecular

Weight
(g/mol)

Partition
Coefficient

Naphthalene C10H8 NAP
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Table 1. Cont.

Compound Formula Abbreviation Structure
Molecular

Weight
(g/mol)

Partition
Coefficient
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Phenols are a class of organic compounds having hydroxyl group (–OH) attached to the carbon atom
that is part of the aromatic ring. They have found numerous applications as intermediates for industrial
production of petrochemicals, dyes, herbicides, pesticides, pharmaceuticals and cosmetics, etc. [12].
Apart from that, they are also used in household products such as flavorings, cleaners and mouthwash.
Thus, they are usually discharged in the wastewater and effluents from those industries [13,14].
Even though small quantity of phenols are produced from the decomposition of plants and animals,
but anthropogenic sources has been a major contributor of phenols in the environment wastewater
effluents in high concentration up to even several thousands of mg/L [15,16]. Considering their adverse
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effect to living organisms in the environment, they are also classified as priority pollutants [17,18].
The frequent discharge of phenolics without treatment leads to environmental toxicities to the extent
that they are posing serious threats to human health. Some of their toxic effects includes; skin and eyes
irritations, respiratory complications, weight loss, diarrhea, vertigo, salivation, and dark coloration
of urine etc. [19,20]. Table 2 presents some of the most frequently reported phenols and their dissociation
constants (PKa).

Table 2. Chemical structures and log p values of polycyclic aromatic hydrocarbons studied.

Compound Formula Structure
Molecular

Weight
(g/mol)

Partition
Coefficient
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Table 2. Cont.

Compound Formula Structure
Molecular

Weight
(g/mol)

Partition
Coefficient
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In recognition of the mobilities and high toxicities of these pollutants in environmental waters,
a prompt response from various environmental monitoring and protection is needed to reduce
their concentrations, or to ideally completely eliminate them. Thus, considerable attention has
been paid to develop suitable techniques for their effective remediation [21,22]. Over the last
three decades, extensive studies have been conducted using different technologies including
coagulation and flocculation, phytoremediation, reverse and forward osmosis, chemical oxidation,
photocatalytic degradation and adsorption [23–25]. Table 3 highlights the pros and cons of some
of the remediation techniques employed. Generally, most of these techniques failed to address
the persistent problem, partly because the pollutants are highly lipophilic. In a conventional wastewater
treatment plant (WWTPs), they are resistant to bioremediation and photolysis is insignificant for their
degradations [26]. Additionally, the excessive chemical remediation might cause secondary pollution
because of the unreasonable proportions of the reagents used and formation of oxygenated species that
are potentially hazardous [27,28]. Photocatalytic degradation has been limited by the semi conducting
property of the materials and the utilization of light energy. Additionally, most of the techniques are
non-feasible and non-economical.
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However, adsorption has been recognized as the major technique for the effective removal due to
the high affinity the various adsorbents for the organic pollutants. Additionally, the process has been
recognized for its simplicity, low-cost, availability of various adsorbents materials, non-environmental
toxicity, ease of design, etc. Figure 1 presents the literature survey conducted via web of science and
for publications reported and patents for various remediation for PAHs and phenols. The prominence
of adsorption is clearly seen among the techniques. It is thus justifiable that this review was conducted
for the removal of PAHs and phenols using adsorption techniques. Critical analysis was conducted
using various advanced porous adsorbents and the adsorptive performance of the materials have been
highlighted. To some extent, the mechanism for the adsorptions have been discussed.
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1.1. Sources of PAHs and Phenols

Industrial activities driving by energy and power demands have been the major source of PAHs
and phenolic compounds in the environment. In particular, the refining of crude oil is usually associated
with the production of various by-products such as petrol, diesel, coal tar, etc. [29]. Crude and refined
oil leakage have also been widely recognized as one of the major sources of PAHs and phenols
in the water [30]. It has been estimated, around 5–30 million tons of crude oil spilt into the ocean
every year [31], as a result of either accident or leakage oil tankers. One of the most recent ones is
the oil spill which occurred in Ambarnaya river and Mauritius coast in May and July 2020, respectively.
In both cases, the spills were reported to occupy large area and consequently washed into the oceans.
Petroleum and industrial sludges have also been a major deposit of PAHs and phenols [32,33].

Apart from petroleum and petrochemicals, coal processing to generate heat and power, as well as
coke production, has also been identified as another way through which PAHs and phenolic compounds
get into the water [34]. The generation of electricity from coal has been widely practiced, taking about
one third of the total electricity generation [35]. According to the Environmental Protection Agency,
coal fire plants contributed to about a third of the total global water pollution due to the various toxic
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chemicals such as PAHs, phenolic compound, and heavy metals discharged into the rivers, streams,
and other water bodies [36]. Thus, the concentrations of these pollutants in the coal wastewater is
high when discharged into the atmosphere and are said to be contributing to the persistent problem
of global warming [37].

PAHs and phenols have been identified as one of the major contaminants in wastewater, ans usually
exist in complex. The textile and dyeing industry have been a major contributor to PAHs. According to
the China environmental statistics yearbook of 2012, discharge of wastewater from dyeing industries
was about 2.37 billion. Accordingly, Ning et al., (2014), reported that the total number of 16 different
PAHs with concentration range of 1463–16,714 ng/g has been detected in textile dyeing sludge from
Guangdong [38]. Natural and anthropogenic sources of phenols have been discussed by Anku
et al., (2016), highlighting the contribution of dissolved organic matter in increasing the phenols
concentrations in the environment [39]. Floodwater is another source of which PAHs and phenolic
compounds get into wastewater. The catastrophe of flooding has been a common phenomenon
in different places of the world, particularly in the tropical areas, where rainfall is very high over
a long period of the year [40]. For example, Chukwujindu et al. (2017) reported on the prevalent
occurrences of flood along the River Niger and River Benue in Nigeria, as a result of excessive rainfall
during the wet season [41]. Even though no established finding between the magnitude and frequency
of a flood event has been found (especially large floods), the resulting environmental changes has been
reported. However, Ciesielczuk et al. (2014) described that PAHs and phenols are usually adsorbed
on the humic acids in the floodwaters and thus migrated to the water [42].

1.2. PAHs and Phenols in Wastewater Treatment Plants (WWTPs)

WWTPs has been the secondary source of PAHs and phenols. WWTPs serve as the major reservoir
of wastewater collected from a wide range of domestic and industrial sources. Thus, various pollutants
from these sources have been found to concentrate along with the solid particles in the wastewater [25].
According to the J. Liu et al. (2011), PAHs were detected in domestic WWTP in Xian, China for a period
of one year, originated from domestic usage of petrochemical substances such as oil and grease,
cosmetics, etc. Therefore, WWTPs is acting as the secondary source of PAHs from the different
sources [43].

1.3. Toxicities of PAHs and Phenols to Humans

Much attention has been given to the study of toxicities of PAHs and phenols to humans. The source
of human exposure has been mostly linked to consumption of contaminated water, air inhalation
or from infected foods [44,45]. The exposure is more pronounced to communities living at the site
of petroleum exploration and refining or near the coastal areas where discharged wastewater is released
into rivers, oceans or seas [46]. Industrial water has higher risk of contaminations than the municipal
WWTPs as in the former, the wastewater is directly coming from the source such as coke production
plants which contains mixture of complex compounds such as PAHs, phenols and nitrogen containing
aromatics [47].

The level of bioaccumulation of PAHs in humans is determined by the toxicities which increased
with molecular weight. Long term exposure usually resulted in acute toxicities, associated with
carcinogenicity and mutagenicity [48]. High exposure increased the risk of cancer of various organs
such as lung, breast, prostate, kidney, bladder, stomach, and skin [26]. They are also reported to
suppress the immune of the body, thus they are labeled as endocrine disruptors [49]. Chukwujindu et al.
(2017), studied the effect of exposure to PAHs due to overflooding of PAH contaminated water with
the associated health risk. They employed the technique of incremental lifetime cancer risk (ILCR) to
determine the extent of the PAHs exposure among various age groups in the study area. The finding
shows that on the average, the total ILCR values obtained in 2014 were 443 and 308 chances in a million
among the children and adults, respectively, and that the number of the risk of cancer was 6450
and 4480 chances for children and adults, respectively, about a 15-fold decrease in the average total
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ILCR values. Thus, they estimated high risk of exposure among adults than children, attributed to
the prolong duration of exposure for the adults [41].

On the other hand, phenols are potential human carcinogens. They are found to exert toxic effects
even at lower concentrations. At higher concentrations, phenols has the tendency to coagulate with
the proteins in the body, which may result in cellular and cytoplasmic permeability, hence, could cause
damage of the sensitive cells, cardiovascular, and central nervous system [50]. Prolonged ingestion
of phenols may result into mouth sore, dark urine, and even diarrhea [51].

1.4. Environmental Regulations on PAHs and Phenols

In an effort to eliminate the effect of PAH and other toxic chemicals into the environmental
waters, the United Nation has set the regulation to stop the establishment of coal power plants
around the globe to tackle the climate change and water pollution challenges [47,52]. The United
States Protection Agency (USEPA) has categorized 16 PAHs as priority pollutants of carcinogenic and
mutagenic effect in water [25]. To limit the PAHs and other toxic contaminants from the environmental
water, E.U has regulations to forbid sludge disposal. The Ministry of Environmental Protection
of China has set the level of toxic PAHs and B[a]PYR in wastewater treatment plant as 50 µg/L and
0.03 µg/L [2,9] respectively.

Phenol has been detected in various water samples ranging from hazardous waste sites, surface
water, rainwater, ground water, sediments, industrial and urban runoff, as well as the drinking water.
The level of toxicity of phenol in human and aquatic animals has been identified as 9–25 mg/L [53].
Considering the toxicity and environmental impact of phenolic compounds in water, the USEPA has
included them under the listed of priority pollutants with limited environmental discharge of less
than 1 mg/L in the treated effluents and set their maximum content in potable water as 0.5 mg/L [54].
Similarly, the World Health Organization (WHO) has regulated the concentration of phenol in potable
drinking water at 0.001 mg/L [55].

2. PAHs and Phenols Remediation in Wastewater

Considering the negative impact of PAHs and phenols with their derivatives in wastewater,
various forms of remediation have been proposed. Some of these techniques reported includes
conventional methods such as coagulation, flocculation, activated sludge, and bioremediation [42,56].
Other techniques such as membrane technology, photocatalytic degradation, advanced oxidation,
and electrochemical catalysis have also been reviewed [57,58]. Some of these techniques have shown
considerable promise [26], while some are facing challenges of incomplete removal or degradation
of the pollutants, generations of other toxic contaminants [24,59], complexity of the method, as well as
the cost of application and maintenance. Hence, the quest for more alternative techniques has
seemed endless.

Adsorption techniques using various adsorbent materials from natural and synthetic origins
have been well studied due to their prospects to effectively removed the pollutants from water.
These technique are simple, economical, and practicable [60]. The ease of operation and non-generation
of secondary pollutants are other advantages enjoyed by the method.

2.1. PAHs and Phenols Removal by Adsorption

In the adsorption process, pollutants in the solution are trapped on the surface of suspended
particles, known as the adsorbent materials. Adsorption technology is motivated by the availability
of a broad spectrum of low-cost adsorbents obtained from abundant naturally occurring and waste
substances such as mineral deposits, agricultural waste products, particulate organic matters, and solid
industrial wastes [61]. Thus, it provides an alternative for transforming waste materials into useful
material for environmental sustainability.

Apart from the naturally occurring materials, synthesized particles with higher surface area and
pore volumes such as organic and inorganic polymers, porous carbon materials, graphene, silica-based
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materials, have been successfully utilized as adsorbents for the PAHs and phenols removal from
the wastewater [62,63]. Adsorption process is usually carried out in a batch reactor on a small scale,
non-continuous process such as in research laboratories [64], or using a more advanced technique
of fixed bed reactors or column for a pilot-scale industrial and water treatment plants application [65].
Villegas et al. (2016) [53] discussed on various methods for phenols removal in wastewater, however,
emphasis was laid mainly on activated carbon (AC), those other highly porous adsorbents such as
silica and metal-organic frameworks (MOFs) have not been considered.

In this article, we aimed at reviewing and discussing past and present scenario of using various
adsorbent materials for the removal of PAHs and phenols from water. The review also provides
scientific analysis and propose future research directions on the use of promising adsorbent materials
for PAHs and phenols adsorptive removals in the water.

2.2. Adsorption of PAHs and Phenols onto Porous Carbon Materials

The use of porous carbon materials as adsorbents for organic pollutants removal from aquatic
environment was first mentioned by Walters and Luthy (1984) [66]. They argued that porous carbon
adsorbents are superior to soils, sediments, and suspended organic matters in terms of removal of PAHs.
This claim has catalyzed discoveries of various porous carbon materials for wastewater remediation.
The use of porous carbon materials such as activated carbon (AC) prepared from various agricultural
waste materials [67,68], biochar [69,70], carbon nanotubes (CNTs) [71,72], and other derived carbon
materials for the adsorption of PAHs have been studied.

2.2.1. Biochar

Biochar is a carbonaceous solid obtained from waste materials such as agricultural wastes, sewage
sludge (SSL), and petroleum sludge (PS). For example, sewage sludge is generated as a by-product
of sewage treatment. It is composed of many organic and inorganic substances as well as hazardous
biological materials [73,74]. Thus, these solid wastes are harmful to the environment and requires
proper disposal. Interestingly, pyrolysis is used as an alternative thermochemical technique to
convert the waste sludge into useful biochar for effective industrial and environmental applications.
It has been identified as one of the major forms of porous derived carbon. Godlewsky et al. (2019)
investigated the effect of atmosphere nitrogen (N2) and carbon dioxide (CO2) for the production
of sludge derived-biochar under pyrolysis temperatures of 500–700 ◦C. The use of CO2 atmosphere
was able to generate biochar with improved properties such as higher BET surface area, porosity as
compared to those obtained under N2 atmosphere [56].

Biochar that are derived from biomass-derived is by far the most important means to produce
the porous carbon materials. It has been estimated that, the world production of dry biomass is
about 220 billion tons annually [75], thus pyrolysis treatment to energy and biochar is interesting
option [76,77]. Agricultural waste materials such as rice husk [78], wheat straw [79], and palm kernel
seeds [80] have been reportedly used for PAHs and phenol adsorption in water.

The review by Bedia et al. (2018) focused mainly on the use of biomass derived biochar for emerging
contaminants adsorptions in water streams [81]. In comparison to sludge derived-biochar, biomass
derived-biochar has been found to possess higher specific surface area and pore volumes which was
attributed to the higher carbon content in the latter [77]. Thus, high removal of PAHs (pyrene and
benzo[a]pyrene) has been reported by Qiao et al. (2018) using biomass derived biochar generated
from Enteromorpha prolifera at 200 ◦C. The Langmuir monolayer maximum adsorption capacities were
estimated to be 187.27 µg/g and 80.00 µg/g, for the pyrene and benzo[a]pyrene, respectively [82].
Recently, Arshad et al. (2019) reported on response surface method (RSM) optimizations of phenol
adsorption onto oil–palm bunch derived biochar [80]. Lee et al. (2019) reported on the effective
removal of phenol using biochar generated from food waste Factors that affect the adsorption of PAHs
and phenols onto biochar include pore size and volume of the adsorbent as well as the concentration
of the pollutants [20]. The review by Lamichhane et al., 2016 [25] also highlighted some advantages
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of biochar in the removal of PAHs. Different biochars for the adsorptions of PAHs and phenols in water
streams are summarized in Table 4.

Table 4. Adsorptions of PAHs and phenols using biochars.

Adsorbent Pollutant Concentration
(mg/L)

Qe
(mg/g)

Equilibrium
Time Ref

RHB
PHE 5

17
1 h [78]

Magnetic modified RHB 42
Biochar

PHE 1
2 3 days [83]

graphene/biochar composite 3
Rice-350-M PHE 1 43 24 h [69]

Elephant grass biochar

BaA

0.1

19

250 min [84]BkF 19
BaP 18

DahA 8
Poplar Catkins biochar PHE 30 384 1120 min [85]

Sewage sludge char PHE
0.8

-
24 h [56]

PYR -
Wood biochar PYR

Wheat straw biochar
PHE 9.1 -

48 h [79]FLU 10.0 -
PYR 11 -

Chitin biochar
phenol

500
184

12 h2-nitrphenol 206
Hizikia fusiformis biochar phenol 50 30 1440 min [86]

Black spruce biochar phenol 200
233 18 h [87]

White birch biochar 150 4 h
Chinese herb biochar phenol 50 - 360 min [88]

scots pine bark biochar phenol 500
149

24 h [89]
spruce bark biochar 84

Bamboo biochar phenol 10
17

24 h [90]
Oak wood biochar 13
Food waste biochar phenol 10 3 30 min [20]

Japanese red pine char Phenol
200

6
30 min [61]

Yellow poplar char Phenol 7
Pine fruit shell biochar Phenol 50 27 24 h [91]

2.2.2. Activated Carbon (AC)

AC are highly porous carbon materials obtained from agricultural wastes, with high carbon
contents such as cellulose, hemicellulose, lignin, lipids, proteins, simple sugars, and starch [67,92].
The production of AC involved thermal decomposition of these materials under limited supply
of air, followed by the activation to generate highly porous carbon material. Thus, precursors
for AC are usually low-cost agricultural waste materials such as husk [93], shells [94], wood [95],
sawdust [96], rice husk [66], etc. The use of other materials such as bones, cartilages, coke etc. have
also been employed [97]. It has been widely employed for a variety of industrial applications such as
gas separations and purifications, liquid and gas storage, super capacitors, electrodes, catalysis,
and removal of toxic substances in contaminated wastewater etc. [98]. They are usually characterized
by a large surface area and large porosity than most of the conventional adsorbents ever reported.
However, the properties are largely dependent on the precursor material, pyrolysis temperature,
and the activation conditions. In some cases, the AC produced might contain heteroatoms and mineral
matter (ash content) depending on the nature of the raw material used as precursor. A literature has
shown that over 26,000 articles have been published by Elsevier on the use of AC for the adsorption
of pollutants in aqueous medium. Danish and Ahmad 2018, has reviewed on the production of AC
from wood biomass as adsorbent materials. Pore size, pore diameter distribution, of AC as the major
contributing factor for the adsorption of the pollutants [92].
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Different forms of AC such as AC powdered activated carbons (PAC) and granular activated
carbons (GAC) [99,100] from different biomass has been reportedly used for organic pollutants removal
from water (Figure 2). Additionally, the use of modified AC to regulate its pore structure and
chemical properties for the effective removal has been studied [101]. Wu et al. (2020) recently reported
on the preparation of walnut shell AC (WAC) with a surface area of 438.5 m2/g via microwave-assisted
KOH activation process at 900 W for the competitive adsorption of NAP and PHE in aqueous medium.
Equilibrium adsorption of 40 min, with the adsorption capacities of 39.58 and 63.37 mg/g for the NAP
and PHE respectively were obtained [98]. More porous AC were produced via modified coal-base AC
(MCAC) and iron-modified coal-base AC (Fe-MCAC) with BET surface area of 1062 and 1079.67 m2/g
respectively for PAHs adsorption [102]. Similarly, optimizations studies for the phenols adsorption was
studied using AC obtained from Terminalia chebula (TCAC). Equilibrium time of 24 h with the monolayer
adsorption capacity of 36.77 mg/g were observed. Table 5 presented more literature on the application
of AC as adsorbent for PAHs and phenols removal.
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Figure 2. Kinetic studies and adsorption capacities for the removal of NAP and PHE using walnut
shell activated carbon (WAC) under (a) single and (b) binary systems [103]. Copyright: Royal Society
of Chemistry (2020).

Table 5. Adsorptions of PAHs and phenols using different forms activated carbon (AC).

Adsorbent Pollutant Concentration
(mg/g)

Qe
(mg/g)

Equilibrium
Time Ref

Commercial PAC
ANT - 143 4 h, 5 min [68]
PYR 142 4 h, 10 min

Commercial AC
PHE 120 46

24 h [104]FLA 80 36
BaA 12 9.7

Rice husk AC
NAP 8 14

24 h [66]PHE 17
PYR 18

Flamboyant pod back AC
ACE 50

4.7
2 h [105]Milk bush kernel AC 4

Rice husk AC 5.6

Rice husk AC
NAP

8
15

24 h [106]PHE 17.5
PYR 18

Rice husk AC
PHE

10
- 60 min [107]

FLU - 30 min
Rice husk AC ACE 50 46 3 h [93]

Vitis vinifera leaf AC (Zncl2)
PHE 1

94
180 min [108]Vitis vinifera leaf AC (H3PO4) 89
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Table 5. Cont.

Adsorbent Pollutant Concentration
(mg/g)

Qe
(mg/g)

Equilibrium
Time Ref

Walnut shell AC
NAP 10 49.6

40 min [103]
PHE 10 63.8

flamboyant pod AC
NAP 50

294.2
2 h [94]

milk bush kernel shell AC 63.3

Coal-based AC
NAP

200
78.2

20 min [98]PHE 111.4
PYR 117.2

Fe-modified Coal-based AC
NAP

30
167.8

40 min [101]PHE 190.4
PYR 20.3

Terminalia chebula AC phenol 100 26.2 24 h [109]
Commercial AC phenol 1000 132.3 360 min [110]
Commercial AC phenol
Miswak root AC phenol 100 142.2 120 min [111]
Coal-based GAC

phenol 300
169.9

180 min [112]Coal-based PAC 176.6
Coconut shell PAC 213
Cherry stone AC phenol 25 80 24 h [113]

Agave Utahensis AC
Phenol 14

1.7
3h [114]Euphorbia Resinifira AC 1.9

Banana peel AC 2.0
Oily sludge AC phenol 100 434 30 min [115]
Tea waste AC phenol 100 132.5 4 h [67]

Babul sawdust AC phenol 50 15.3 60 min [96]
Olive stone AC phenol 800 44,269 4 h [116]

Palm oil bunch AC phenol 40 55.3 2 h [117]
Wood fiberboard AC phenol 250 208 120 min [95]
Avocado kernel AC phenol 0.7 3.3 100 min [118]

Date pit AC Phenol 50 46 1 h [119]
Sugar cane bagasse AC Phenol 100 27 30 min [120]

Lantana camara AC Phenol 150 112.5 7 h [121]
Magnetic AC phenol 80 107.5 15 min [122]

Granular activated carbon
(GAC)

Phenol,
50

4.9
60 min [123]2-chlorophenol 4.3

4-chlorophenol 4.5
Red pine AC

Phenol 200
454.5

30 min [61]Yellow poplar AC 625
Commercial AC 500

Generally, AC produced from agricultural wastes displayed better removal capacity and shorter
equilibrium time for the adsorption of PAHs and phenols in the aqueous medium as compared to
biochar. This is perhaps associated with the higher porosities of the AC. However, in terms of sources,
biochar can be generated from different varieties and abundant agricultural waste feedstocks [70].
Additionally, from economic point of view, biochar has cheaper production cost than the AC. Unlike
in the latter, the former consumes less energy and activation is necessary in most cases [79]. However,
both materials are considered superior to raw biomass in their affinity towards PAHs and phenols [124].
In both cases, the adsorption occurs via hydrogen bonding andπ–π electron- donor–acceptor interactions
between the active sites on the surface of the AC with the benzene rings of the organic pollutants
and the functional groups on the phenol as seen in the Figure 3. For both AC and biochar, better
removal capacities are achieved by surface modifications of the porous carbon materials. Additionally,
the surface modifications could result in more stable adsorbents [98].
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2.3. Other Porous Carbon Materials as Adsorbents for PAHs and Phenols

Apart from biochar and AC, other porous carbon nanomaterials such as graphene, carbon
nanotubes (CNTs), nanohorns, nanofibers, fullerenes, soot, molecular carbon sieves, and other
carbonaceous-derived materials [126] have been studied. They are chemically heterogenous and
high carbon content materials that are usually obtained from either partial or complete combustion
of plant materials [127]. Many of the carbon-based nanomaterials have been investigated as adsorption
material for water remediation. The most widely employed are graphene and CNTs. They are
recognized with extra-ordinary physical and chemical properties that are superior to other carbon-based
materials. They possess good chemical and thermal stability with much higher surface area than
AC and biochar [62,128]. Their improved surface properties allow them to interact with organic
pollutants via covalent and non-covalent bond formation such as hydrogen bonding, electrostatic
forces, π-π stacking, van der Waals forces, and hydrophobic interactions [14].

2.3.1. Graphene, Graphene Oxides, and Reduced Graphene Oxides

Graphene is a form of nanomaterial having a honeycomb-like structure of sp2 hybridized carbon
atoms with single atom of graphite layer. The allotrope of graphene is called graphite, having
a planar structure [129]. It exhibits outstanding physical and chemical properties, such as good
electrical and thermal conductivity, high strength, high specific surface area and pore volumes,
flexibility, and negligible thickness [130,131]. Apart from that, graphene chemical mobility, which
allow for its modification to form other functionalized advanced carbon materials. Graphene oxides
(GOs) and reduced graphene oxide (rGO) are among the most advanced graphene-based engineering
materials (Figure 4) [132,133] They are regarded as the fascinating forms of graphene materials and
thus have versatile applications in various fields such as biomedicines, sensors, metrology, electronic
devices, as well as environmental pollutant’s remediation in environmental waters [134].
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In adsorption studies, their unique chemical properties and high specific surface area has
been emphasized. Sun et al. (2013), has reported on the batch adsorptions of NAP, ANT, NAP,
and PYR onto graphite, GOs and RGOs. The performance of the materials in decreasing order were
rGOs > GOs > graphite, with the former having adsorption capacities of 15.92, 247.17, and 369.06 mg/g
for NAP, ANT, and PYR, respectively [135]. Recently, application of graphene wool for the removal
of PHE and PYR from aqueous environment has been reported by Adedapo et al. (2019). Effective
removal of 99.9 and 99.1% were achieved for PHE and PYR respectively, within 24 h of contact between
the PAHs and the adsorbent. The adsorbent material can be repeatedly used with little or no decreased
in percentage removals over 8 successive cycles [136].

In the case of phenols removal, graphene and functionalized graphene materials have been
reportedly used as adsorbents. Zhou et al. (2017) reported on the fabrication of graphene composite
Fe3O4@PANI-GO for the batch removal of bisphenol A, t-octyl phenol and α-naphthol in water.
The complete removal of the pollutants within shortest time (5 min) for bisphenol A, t-octyl phenol
respectively, whereas the α-naphthol experienced slightly longer time, (300 min) to equilibrium.
The promising application of the material was demonstrated by its effective reusability (10 successive
cycles) without decreased in the removal capacity of the pollutants [137]. The report of Wang et al.,
(2018) have shown that the adsorption of phenols pollutants; 2-phenylphenol (PPE), bisphenol
A (BPA), 4-isopropylphenol (IPE), 4-methylphenol (ME), and phenol (PE) were more effective onto
the rGO (Figure 5) as compared to the GO, attributed to the decreased in electron density in the latter,
hence the strong π-π interactions between the phenols and the adsorbent [138]. Tian et al. (2019),
reported on the rapid adsorption of bisphenol A (3.4 s), onto hybrid material of graphene oxide with
amino functionalized polypropylene (PP-g-DMAEMA/GO). The adsorbent possessed dual channel
structure which allows bisphenol A to easily access the surface of the GO through the nanochannels
of the propylene molecule [139].

In most cases, graphene was shown to have better performance in terms of adsorption capacity
as compared to GO and rGO. In comparison to rGO, GO has more oxygen containing functional groups
and lesser π electron density [138]. It has been established that the hydrophobic effects of the organic
contaminants were the reasons for their strong absorption onto the graphene which occur though π-π
interactions [63,140]. In the case of GO, the dense carbonyl groups at the edge of the carbon layers were
responsible for the strong adsorption of hydrophobic organic pollutants onto the surface of the material
through electrostatic, hydrogen bonding, and anion-π interactions. More details of the adsorptions
of PAHs and phenols onto the graphene, GO, rGO, and their derivatives have been highlighted
in Table 6.
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Figure 5. Adsorption capacity (a) graphene and (b) graphene oxide for phenols removal. Reproduced
from ref [138].

Table 6. Adsorptions of PAHs and phenols onto graphene, GO and reduced graphene oxide (rGO) and
their composites.

Adsorbent Pollutant Concentration
(mg/L)

Qe
(mg/g)

Equilibrium
Time Ref

Graphene wool PHE 0.8 5
24 h [126]

PYR 5 200

rGO
NAP 30 16

7 days [125]ANT 0.05 247
PYR 0.1 369

GO/FeO·Fe2O3 NAP 0.1 6 48 h [64]
Graphene

GO NAP 4.6 1
66 4 h [63]

Graphene
GO NAP - 9

8 10 min [141]

Sulfonated graphene NAP 0.39 2 5 days [142]

rGO@Sand NAP
ACE 0.8 4

6 120 min [143]

Magnetic graphene nanosheet PHE 0.5 0.02 1 h [72]
Magnetic GO

Magnetic chemically GO
Magnetic rG

PHE 1
14
30
26

24 h [60]

TiO2-Graphene
PHE 4.2 1.2

180 min [59]FLAN 4.5 0.9
BaP 2.5 0.5

GO
rG

Reduced graphene
NAP 20

21
52

145
24 h [144]

Fe3O4@PANI-GO
Bisphenol A 5 14 5 min

[137]t-octyl phenol 5 31 5 min
α-naphthol 10 23 300 min

rGO

2-phenylphenol 0.470 12 60 min

[138]
bisphenol A 0.350 1.56

4-isopropylphenol 0.587 1.117
4-methylphenol 0.550 0.841

phenol 0.850 0.483
CTAB-modified graphite bisphenol A 300 125 10 min [129]

Amino-functionalized GO Bisphenol A 1 2.3 3.4 s [139]
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Table 6. Cont.

Adsorbent Pollutant Concentration
(mg/L)

Qe
(mg/g)

Equilibrium
Time Ref

rGO
GO phenol 50 16

23

GO

bisphenol A
4-nonylphenol

tetrabromobisphenol
A

2,4,6-trichlorophenol

20

21
10
11
18

1400 min [14]

Graphene 4-chloro-2-nitrophenol 10 25 60 min [145]
GO
rGO Phenol 50 23

16.32 100 min [146]

MGO-IL phenol 30 741 12 min [147]
Graphene Bisphenol A 10 87 5 h [62]

Sulfonated graphene 1-naphthol 0.7 2.41 5 days [142]
Graphene phenol 50 28 400 min [148]
GO sheet

GO sponge 2,4,6-trichlorophenol 5 10
21

30 min
12 min [149]

GO Bisphenol A - 49 30 min [150]

GO tetrabromobisphenol
A 1 41 120 min [151]

GO p-nitrophenol 200 138 24 h [51]
GO

Chemically GO
rG

1-naphthol 50
21
52

145
24 h [144]

GO
Ultrasonic GO

Conventional GO
Ultrasonic GO

2-chlorophenol 50

32
134
50

209

50 min [152]

2.3.2. Carbon Nanotubes (CNTs)

CNTs are sheets of pure form of carbon atoms covalently bonded to one another in hexagonal
arrays which are rolled into a hollow cylindrical shape, with the outer diameter ranging between
1–100 nm, while the size up to several tens of micrometers [153]. Since its discovery in 1992, CNT have
been identified with unique physical and chemical properties such as high strength and specific gravity,
good conductivity and thermal stability, high porosity [154,155], making them potential materials have
for various applications such as in optical appliances, energy conversion, electrochemical sensors,
catalyst and adsorbent, micro analytical devices, biomedical devices, and drug delivery [156,157].
The application of CNTs in environmental remediation have also been investigated [158,159]. CNTs have
been employed as potential adsorbents for organic and inorganic pollutants removal from wastewater
due to its superior properties and more tailored surface chemistry, presenting higher surface
porosities and strong chemical and physical interactions with the organic pollutants than the AC
and corresponding carbon-derived adsorbents [160,161]. The surface morphology of the CNTs and
the functional groups present in the organic pollutant has been contributing factor for their higher
affinity for the pollutants, thus, rapid removal with higher adsorption capacities [162].

The potential of CNTs for environmental remediation of organic pollutants has been well studied.
Wu et al. (2016) explored on the affinity of various aromatic compounds onto CNTs. About 22 different
organic pollutants including phenols, substituted benzenes, and PAHs, have been considered and
the findings confirmed positive correlations between the adsorption capacities of the CNTs based
on their mesoporous surfaces to the properties of the pollutants [163]. A review on the prospects and
applications of carbon nanostructured materials in water treatment was presented by Selvaraj et al.
(2020) [164]. Apur et al. (2015) discussed the adsorption of organic pollutants including PAHs and
phenols onto the CNTs [165]. Another report was presented by Ahmad et al. (2019) on the removal
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of organic pollutants in wastewater by CNTs [166]. The preparations, properties, and modifications
of the CNTs have been discussed. The adsorptions of PAHs, pharmaceutical and personal care products,
surfactants and pesticides has been explored and the nature of the interactions between the pollutants
and the CNTs has been highlighted. However, in most of the review articles written detailed
of the optimized adsorption conditions of phenols and PAHs onto the CNTs were not mentioned.

Earlier work on the removal of PAHs from wastewater was conducted by Yang et al. (2006)
using commercially obtained single-walled carbon nanotubes (SWCNTs) and multi-walled carbon
nanotubes (MWCNTs). The adsorptions were found to be pH independent due to the neutral nature
of the PAHs [167]. The adsorption modeling of PAHs onto CNTs has been studied by Kah et al.
(2011). Various concentrations of the PAHs were analyzed, achieving higher adsorption capacities
at both lower and higher concentrations, attributed to the higher surface area of the CNTs in the range
of 200–500 m2/g [168]. Zhang et al. (2019) reported the use of magnetic CNTs for the removal of PHE
from water. The magnetization of the CNTs has been shown to increase the removal efficiency as well
as ease of the regeneration and reusability of the adsorbents [72]. The non-linearity of the PAHs and
their non-ionic and hydrophobic nature, enable them to interact with CNTs through π-π bonding [169].
Hybrid simulation analysis was employed by Yali et al. (2019) to predict the adsorption coefficient
of PAHs onto MWCNT using quantitative structure-property relationship (QSPR) using genetic
algorithm-multiple linear regression (GA-MLR). The data was subjected to training and testing.
The explanation given was that the electrostatic and steric parameters of PAHs were the major factors
responsible for the higher adsorption capacities for the MWCNT. Hence the molecular docking
simulation was accurate and reliable to predict the sorption efficiency [170]. Wu et al. (2020),
studied the sorption mechanisms for PAHs onto CNTs through density functional theory (DFT) and
molecular dynamics simulation. The sorption energies for the individual PAHs (NAP and PHE,
−33.48 and −42 kcal/mol, respectively) were calculated from the compass force field. The simulation
studies were able to predict that CNTs and PAHs interacted through π-π stacking and the Van der
Waals interactions [171].

For the adsorption phenol onto CNTs, researchers have identified multiple interactions via π-π,
hydrogen bonds, and electrostatic interactions. Kragulj et al. (2015) reported on the removal
of chlorinated phenols (2,4-dichlorophenols, 2,4,6-trichlorophenols, and 2,3,4,5-tetrachlorophenols)
onto originally synthesized MWCNT via catalytic chemical vapor deposition (CCVD) and acid
functionalization (FMWCNTs). The FMWCNTs has outstanding performance compared to the pristine
form as shown by the increased in the BET surface area functionalization (61.3 m2/g and 600 m2/g
for MWCNT and FMWCNT, respectively). Except for 2,4,6-trichlorophenol, which was slightly lower
than 2,4-dichlorophenol, the adsorption was found to be positively correlated with molecular weight
of the pollutants [172]. The mechanism for phenol adsorption onto SWCNTs and MWCNTs using
quantum mechanics molecular modeling was investigated by Rezakazemi et al. (2018) [136]. The strong
affinity of CNTs onto the phenols has been emphasized by the formation of π-π interactions between
the delocalized π electrons in the surface of the sp2 hybridized carbon structure of the CNTs. However,
modified CNTs such as oxidized CNT (CNTO) can form hydrogen bonding with the phenol, thus
better affinity than the pristine CNT (Figure 6). Other factors affecting the adsorption of phenols
onto the CNTs include pH, ionic strength, as well as the dispersion of the CNTs in the solution. Table 7
discussed the adsorptions of phenols and PAHs onto various CNTs.
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Figure 6. Schematic diagram for the mechanism of phenol adsorption onto carbon nanotubes (CNT). 
Reproduced from ref [146]. 
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Figure 6. Schematic diagram for the mechanism of phenol adsorption onto carbon nanotubes (CNT).
Reproduced from ref [146].

Table 7. Adsorptions of PAHs and phenols onto CNTs and their composites.

Adsorbent Pollutant Concentration
(mg/L)

Qe
(mg/g)

Equilibrium
Time Ref

MWCNT NAP 200 69.2 5 days [173]

Commercial MWCNT
NAP
PHE
PYR

- 10.9
10.6
10.6

5 days [167]

Magnetic SWCNT
Magnetic MWCNT PHE 500 24.82

19.37 30 min [72]

MWCNT phenol
3-chlorophenol

0.147
1.25

0.13
0.38 3 days [174]

CNT-polymer bead p-chlorophenol 100 24 1200 min [71]
CNT-polyethylene glycol phenol 20 27 40 min [54]
CNT-polymer composite phenol 30 262 50 min [162]

SWCNT
MWCNT phenol 50 51

65
54 min
36 min [127]

CNT
CNT-Fe2O3

phenol 2 1.1
2.8 2 h [175]

Magnetic-N2H4-SH/MWCNT phenol 40 39 700 min [176]
Chitosan hydrogel-CNT phenol 200 404 120 min [177]

CNT
CNT-Al2O3

phenol
4-chlorophenol

phenol
4-chlorophenol

2

1.1
1.3
2.8
2.8

120 min [34]

CNT
CNT-deep eutectic solvent phenol 50 62

120 24 h [13]

Chitosan-MWCNT phenol 150 88 24 h [17]

CNT
CNT-activated

phenol
2-chlorophenol
4-chlorophenol

phenol
2-chlorophenol
4-chlorophenol

150

24
86
52
64

240
105

50 min
50 min
30 min
50 min
50 min
30 min

[178]

MWCNT
Nitrogen doped-MWCNT bisphenol A 0.37 111

440 3 days [179]

MWCNT phenol 25 32 300 min [180]
SWCNT

SWCNTO
MWCNT
MCNTO

phenol 50

20
21
18
16

100 min [146]

CNT-Mg-Al hydroxide phenol
4-chlorophenol 50 13

14 [181]

MWCNT 2,4,6-trichlorophenol 120 2.3 48 h [182]
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Thus, the efficiency of the carbon-based materials as adsorbents for PAHs and phenols removal
has been well established. AC to a larger extent has been the most widely reported adsorbent. It has
been prepared from the various agricultural waste materials under different conditions. Additionally,
the commercial AC has been available in the markets. Thus, their removal efficiency towards the PAHs
and phenols is superior to that of the corresponding biochar derived from similar agricultural waste.
Generally, CNTs have been shown to offer better removal efficiency than their corresponding graphene
adsorbents. This is attributed to their remarkable high surface area. The strong affinity of the materials to
the pollutants is made possible by the presence of hydrogen and π-π bonding interactions as illustrated
in Figure 5.

2.4. Other Porous Materials for PAHs and Phenols Adsorption

Porous polymers (e.g., polymer beads, molecular imprinted polymers (MIPs)) [27], mesoporous
chitosan [183], and advanced porous materials, such as mesoporous silica (examples; MCM-41, MCM-48
and SBA-15) [184], metal-organic frameworks (MOFs) [185], and other corresponding composites
materials synthesized or are usually synthesized from other known materials. They have been
known to possess physical and chemical properties superior to that of precursor components and that
of the conventional porous materials. They have ultra-high porosity and surface area, high crystallinity,
uniform surface morphology, high chemical and thermal stabilities, and other promising features.
Thus, they have found numerous applications in various fields such as catalysis, gas storage, sensors,
actuators, drug delivery, microextraction, and wastewater remediation [186,187].

The applications of synthesized polymers and advanced porous materials as adsorbents for PAHs
and phenol removals have been investigated by various researchers. In most cases, the efficiency
of these materials surpasses that of carbon-based materials such as AC, due to their larger pore
size and volumes providing more adsorption sites for the pollutants [188,189]. Additionally, some
of these materials have displayed good selectively for the PAHs and other phenolic compounds with
the formation of hydrogen bonding and π-π interactions.

2.4.1. Chitosan

The applications of chitosan, a polymer material obtained from the shell of seafoods and
natural substances for adsorption of pollutants from wastewater have received considerable attention.
The advantages of the material are the low-cost and large content of hydroxyl functional groups
on the surface of the materials [190]. The price of commercial chitosan is much lower compared to
that of the AC and zeolites and it can be easily synthesized with much less energy consumption [191].
The adsorptions of PAHs and phenols onto the chitosan are predominated by hydrogen bonding,
hydrophobic, and π-π interactions [192,193].

Bibi et al. (2015) used membranes synthesized from chitosan and poly vinyl pyrrolidone (CW)
and carbon nanotube (CNT). The membranes with a surface area of 246 and 253 m2/g were used
for the adsorption of NAP from aqueous solution. The membranes were applied for the adsorption
of NAP from aqueous solution with the removal efficiency of 93 and 97% were achieved within
120 and 150 min, respectively [194]. Crisafully et al. (2008) reported on the comparisons of various
natural and commercial adsorbents materials including chitosan for the removal of PAHs [4].
Filho et al. (2018) reported on the synthesis of pectin/chitosan and pectin/chitosan/cyclodextrin
polymers for the adsorption of 3 PAHs, PYR, B[b]F, and B[a]P. The adsorption of PAHs and phenols
onto chitosan is summarized in Table 8. Efficient removal of the pollutants was achieved with good
reusability of the adsorbents [195].

Alves et al. (2019) reported on the modification of chitosan with carbon nanotube composite with
enhanced BET surface area of 1130 m2/g for the adsorption of phenol. Equilibrium was reached within
120 min with adsorption capacity of 404.2 mg/g [177]. A similar finding was reported Bahmani et al.
(2019) using chitosan grafted with ZIF-8 for the phenol removal, achieving adsorption capacity of
152.3 mg/g within 30 min [196]. Guo et al. (2019) comprised the of adsorption of phenol using
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chitosan and MWCNT modified chitosan. The composite material achieved higher adsorption capacity
of (86.96 mg/g) than the pristine chitosan with (61.69 mg/g) [17]. Karamipour et al. (2020) reported
the adsorption of phenol using cellulose acetate/chitosan (CA/Chitosan) composite. The adsorption
capacity achieved was 97.43 mg/g within 9 h. A modification of the CA/Chitosan with iron (III) oxide,
(Fe2O3-CA/Chitosan) improved the physical stability of the adsorbent, achieving good reusability with
the adsorption capacity to 163 mg/g [197].

2.4.2. Molecularly Imprinted Polymers (MIPs)

MIPs are obtained from the interactions of organic and or inorganic monomers of polymerizable
capabilities which are assembled around a specific template known as the ‘imprint’, resulting
into crosslinking of the monomers to form a solid framework [198]. They are well known for their high
porosity resulting from the removal of the template molecules, forming large cavities allows for the easy
access of the molecules to the recognition sites [27,199]. The MIPs of inorganic molecularly imprinted
materials are more flexible in comparison to those obtained from the organic monomers due to the more
availability of the inorganic monomers to be selected from, hence the rigidity of the solid network
as well as the adaptable porosity [200].

The adsorptive properties of the MIP towards pollutants removals in wastewater has been
emphasized on their large porosity, providing more adsorption sites for the pollutants [201],
as highlighted in Table 6. They also offer high selectivity to the pollutants, mainly via hydrogen bonding,
ion-pair interactions, hydrophobic interactions, and Van der Waals forces [28]. The adsorptions of PAHs
onto the functionalized silica aerogels has been recently reported by Saad et al., (2020). The adsorbent
material has proven to be effective in the removal of NAP, ANT, and PYR, with the fluorescence
measurements showing effective adsorption and selectivity of the material in the highest order of NAP,
ANT, and PYR, respectively [200]. Wei et al. (2015) reported on the selective recognition of PAHs
by MIPs. In comparison to the hydrophilic MIP (H-MIP) and co-monomer glycidyl methacrylate
(G-MIP), the conventional MIP has higher binding capacity to the PAHs, attributed to the hydrophobic
nature of the material [202].

Bhatnagar and Anastopoulos (2017) reported the adsorption of bisphenol A and other phenolic
compounds in water [190]. Bayramoglu et al. (2016) reported on the synthesis and selectivity of MIP
and non-imprinted polymer (NIP) for the adsorption of bisphenol A, 4-aminophenol, p-toluidine,
and 2-napthol in the binary and multiple component system. The adsorption capacity of bisphenol
A for the MIP and NIP were 76.7 and 59.9 mg/g, respectively, indicating the selectivity and removal
efficiency of the latter [203]. Adsorptive recognition of phenolic compounds bisphenol A, phenol,
4-nitrophenol, 2-amino-4-chlorophenol and 2-napthol has been reported by Lyu et al. (2020), using
MIP and ionic liquid mediated MIP (IL-MIP). Higher selective of the bisphenol A has been achieved by
the IL-MIP as compared to the conventional MIP, attributed to the complementary of the imprinted
cavity of the IL-MIP to the bisphenol structure [198].

Table 8. Adsorption of PAHs and phenols using chitosan and molecularly imprinted polymers (MIPs).

Adsorbent Pollutant Concentration
(mg/L)

Qe
(mg/g)

Equilibrium
Time Ref

Chitosan

Pec-β-CD/Chitosan
PYR
B[b]F
B[a]P

2
0.1
0.2
0.2

1200 min [195]

Chitosan phenol
Chitosan/CNT phenol 400 404 120 min [177]

Chitosan-cyclodextrin
phenol 150 34

- [193]p-chlorophenol 157 180
p-nitrophenol 150 21
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Table 8. Cont.

Adsorbent Pollutant Concentration
(mg/L)

Qe
(mg/g)

Equilibrium
Time Ref

chitosan-g-PNVCL/ZIF-8 Phenol 20 152 30 min [196]
CA/Chitosan

Fe2O3-CA/Chitosan phenol 100 97
163 5 h [197]

Chitosan
MWCNT-Chitosan phenol 150 62

87 24 h [16]

Fe-EDA/β-CD/Chitosan
phenol

p-nitrophenol
p-cresol

50
243
274
298

120 min [204]

Magnetic chitosan phenol 15 52 50 min [19]

Resin-chitosan phenol
4-chlorophenol 50 189

99
200 min
350 min [205]

EDTA/Chitosan/TiO2 phenol 50 209 240 min [206]
Chitosan-Carbon composite phenol 10 34 1 h

Magnetic
graphene-Chitosan 2-napthol 40 169 60 min [207]

β-cyclodextrin-chitosan

phenol
2-chlorophenol
4-chlorophenol

2,4-dichlorophenol
2,4,6-trichlorophenol

120

60
71
96
315
376

3 h [22]

Magnetic-Chitosan bisphenol A 100 55 120 min [208]
Glutaraldehyde-Chitosan phenol 50 21 60 min [209]

phenol
o-chlorophenol 100 71

51 240 min [210]

MIPs

MIP
BaP
PYR
CHR

1
75.9

7
7

3 h [211]

MIP PHE 0.6 16 90 min [212]
MIP PYR 1 11 90 min [213]
MIP bisphenol A 150 77 120 min [203]

vermiculite MP
magnetic vermiculite MP bisphenol A 1000 217

274 90 min [214]

Surface-MIP
phenol

p-nitrophenol
p-tert-butylphenol

0.75
86
8
7

4 h [50]

MIP/PES/SiO2
phenol

p-nitrophenol 4000 47
37 8 h [215]

AMPS-Am-MIP Phenol 50 97 180 min [18]
MIP

IL-MIP Bisphenol A 100 87
116 20 min [198]

Fe3O4@SiO2@PNP-SMIP 4-nitophenol 210 134 60 min [216]
MIP

SMIP bisphenol-A 20 24
23 240 min [217]

However, it should be stressed that pristine chitosan, upon long term usage as adsorbents, swells.
This has drastically limited its application as potential adsorbent material in wastewater remediation.
However, surface modification of the chitosan with other ideal functional materials helps to improve
the performance of the material and improve its long-term usage. Some reported chitosan composites
used for PAHs and phenols adsorption have been highlighted in Table 6.

2.4.3. Mesoporous Silica

With the advancement in nanotechnology and the attempted reproduction of silica nanoparticles
in 1990 in Japan [218], researchers all over the world continue to explore the potential of the materials
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in various areas. Mesoporous nano silica particles such as Mobil Crystalline Materials (such as MCM-41
and MCM-48) and Santa Barbara Amorphous (such as SBA-15 and SBA-16) have been synthesized
from rice husks, characterized and commercialized for various applications such as gas storage, drug
delivery, oil–water separations, catalysis, and pollutant remediation [186].

Mesoporous silica has well-defined pore structures (hexagonal mesopores), narrow pore size
distributions (4–12 nm), as well as high BET and Langmuir surface-area. Table 6 shows mesoporous
silica that have been used for the PAHs and phenols adsorption. The adsorption capacity and
equilibrium time have been stated.

Nasreen et al. (2018) synthesized highly porous mesoporous silica SBA-15 and MSU-H with
BET surface area of 521 and 580 units, respectively. Both SBA-15 and MSU-H were found to be
effective in the removal of NAP and PHE with the complete removal achieved within 20 min [218].
Costa et al. (2020) have reported the adsorptions of PAHs from aqueous solution using mesoporous
silica MCM-41-NH2 that have been hydrothermally synthesized, possessing high retention rate
of the pollutants with efficiency in the range of 93–98% [219]. Comparison for the removal efficiency
of MCM-48 and SBA-15 for the adsorption of NAP was investigated by Balati et al. (2014) with
the latter having better efficiency, attributed to its higher larger pore diameter [220]. Yuan et al. (2018)
investigated the mechanism for the PAHs adsorption onto the mesoporous silica. They have identified
π-π as the predominant interactions between the pollutants and the adsorbents [221].

The applications of mesoporous silica materials for phenols adsorptions has been investigated.
Nasreen et al. (2018) reported that SBA-15 and MSU-H were able to adsorb 4-aminophenol and
p-nitrophenol from the aqueous medium. The removal efficiency achieved was above 90% within
20 min. It was suggested that the initial properties of the silica has been retained even after
a series of regeneration and reusability, attributed to the high silicon content in the materials [218].
Highly porous mesoporous silica SBA-10 and PA-10 with a BET surface area of 925 and 353 m2/g
were synthesized by Yangui et al. (2017) for the adsorption of phenolic compounds. Adsorption
efficiency of 75% and 67% for phenol removal were reported within 2 h when the SBA-15 and PA-10
were modified with amine functional groups [222].

2.4.4. Metal-Organic Frameworks (MOFs)

The application of MOFs in wastewater remediation have recently gained more recognitions due to
the great potential of these materials. They are made from the coordination interaction of the metal
ion with organic moieties [223]. The metal node is the central building block, while organic moiety is
the ligand and together forming a framework of higher tunability [224]. They are known to possess
ultra-high porosity (over 90% by volume is empty) with BET surface area higher than that of AC
and mesoporous silica (up to 9000 m2/g) [225]. MOFs have higher crystallinity, thermal and moisture
stability, and they can be easily regenerated from the aqueous medium through simple decantation or
magnetic separation [226]. The topology of the framework also made it possible to modify the MOFs
with other functional groups and materials for versatile and particular applications.

The use of MOFs for PAHs adsorptions recently been published by our groups [227].
The application of Zr-based MOFs; UiO-66(Zr) and NH2-UiO-66(Zr) have been reported for ANT
and CRY adsorptions from the aqueous medium. The BET surface area of the MOFs was 1420 and
985 m2/g for the UiO-66(Zr) and NH2-UiO-66(Zr), respectively. Higher removal efficiency has been
achieved within short equilibrium time (25–30 min) with percentage removals of 98.6 and 97.9%
for the ANT and CRY, respectively, using UiO-66(Zr) MOF. Interestingly, all the reported MOFs
have displayed good reusability for the PAHs adsorption. We have also reported on the molecular
docking interaction of the Fe-based MOFs, MIL-88(Fe) and NH2-MIL-88(Fe) with CRY. Figure 7 has
illustrated the binding interaction of the MOFs with the CRY molecules with the MIL-88(Fe) having
the most stable complex structure with the higher binding energy (∆Gbind) of −3.88 kcal/mol and lower
inhibition constant (Ki) of 1.58 mM. Thus, the CRY molecules preferred to reside in the internal pores
of the MOF. However, for the NH2-MIL-88(Fe), the binding energy is slightly lower, and the inhibition
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constant is higher, −3.80 kcal/mol and 1.65 mM respectively, resulting into lower binding stability
of the complex. In the NH2-MIL-88(Fe), the CRY molecules preferred to adsorb on the outer pores
of the MOFs. The high selectivity of the MIL-88(Fe) has been emphasized by the larger BET surface
area and pore size of 1242 m2/g and 12.5 nm respectively. The BET surface area and the pore size
of the NH2-MIL-88(Fe) was 941 m2/g and 8.8 nm respectively [228]. Table 9 highlights the various
MOFs used for PAHs and phenols adsorptions in wastewater.
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Table 9. Adsorption of PAHs and phenols onto mesoporous silica, MIPs, and metal-organic 
frameworks (MOFs). 

Adsorbent Pollutant Concentration(mg/L) 
Qe 

(mg/g) 
Equilibrium 

Time 
Ref 

Mesoporous Silica 
MCM-41 NAP 15 61 20 min [184] 

Periodic mesoporous 
organosilica 

NAP 
ACE 
FLU 

FLUO 
PYR 

10 

1.5 
0.9 
0.9 
0.7 
1.3 

24 h  

Fe-SBA-15 PYR 0.1 0.034 20 min [188] 

NH2-SBA-15 
NAP 
ACE 
PHE 

1 
1.9 
1.4 
0.8 

24 h [232] 

MCM-41-PABA 

NAP 
B[b]FLUO 
B[k]FLUO 
B[b]PYR 

200 μg/L 

17.83 
20 
19 
19 

24 h [233] 

MCM-48 
SBA-15 

NAP 7 
0.7 
0.4 

24 h [220] 

NH2-SBA-15 
4-chlorophenol 
4-bromophenol 
4-iodophenol 

250 
141 
115 
72 

6 h [234] 

MCM-41- 
phenol 

o-chlorophenol 
50 

12 
30 

24 h [222] 

MCM-48-Chitosan Phenol 500 149 24 h [183] 

Figure 7. The molecular docking structure of (a) MIL-88(Fe) and (b) NH2-MIL-88(Fe) with the CRY
molecule, for the binding interactions [229]. Copyright: Elsevier (2020). Metal (Fe), carbon (C), oxygen
(O), and nitrogen (N) are colored as yellow, green, red, and blue, respectively. The CRY is indicated
in purple.

Adsorptions of phenolic compounds onto MOFs have also been studied. Most of the reported
MOFs are promising adsorbents for the removal of the pollutants studied. The famous HKUST-1
has shown good removal efficiency for the p-nitrophenol, with complete removal achieved
within 40 min (equilibrium adsorption capacity of 400 mg/g). The high adsorption capacity
of the MOF for the p-nitrophenol was attributed to the high affinity of the MOF to the NO2 side
of the pollutant, resulting into hydrogen bonding interactions [229]. The high selectivity and removal
efficiency of the crystalline and water stable Zr-based MOF, NH2-UiO-66(Zr) for the adsorptions
of 2,4,6-trinitrophenol, 2,4-dinitrophenol, 2,4,6-tri-nitrotoluene, and 2,4-dinitrotoluene in water was
also investigated. Higher equilibrium adsorption capacities was achieved with the hydrogen bonding
formation between the MOF and the pollutants [230]. Luo et al. (2019) reported on the enhanced
removal of bisphenol A using Al-based composite Al-MOF/SA-CS. The adsorption capacity was
136 mg/g. The adsorption mechanism has been explained by the formation of hydrogen bonding,
π-π stacking and cation-π interactions [231].

Table 9. Adsorption of PAHs and phenols onto mesoporous silica and metal-organic frameworks (MOFs).

Adsorbent Pollutant Concentration
(mg/L)

Qe
(mg/g)

Equilibrium
Time Ref

Mesoporous Silica

MCM-41 NAP 15 61 20 min [184]

Periodic mesoporous
organosilica

NAP
ACE
FLU

FLUO
PYR

10

1.5
0.9
0.9
0.7
1.3

24 h

Fe-SBA-15 PYR 0.1 0.034 20 min [188]

NH2-SBA-15
NAP
ACE
PHE

1
1.9
1.4
0.8

24 h [232]
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Table 9. Cont.

Adsorbent Pollutant Concentration
(mg/L)

Qe
(mg/g)

Equilibrium
Time Ref

MCM-41-PABA

NAP
B[b]FLUO
B[k]FLUO
B[b]PYR

200 µg/L

17.83
20
19
19

24 h [233]

MCM-48
SBA-15 NAP 7 0.7

0.4 24 h [220]

NH2-SBA-15
4-chlorophenol
4-bromophenol
4-iodophenol

250
141
115
72

6 h [234]

MCM-41- phenol
o-chlorophenol 50 12

30 24 h [222]

MCM-48-Chitosan Phenol 500 149 24 h [183]

SBA-15 4-aminophenol
4-nitrophenol - 10

8 20 min [235]

Rice husk silica phenol 15 4 60 min [236]
MCM-41 phenol 60

MOFs

UiO-66(Zr)
NH2-UiO-66(Zr)

ANT
CRY
ANT
CRY

4

24
24
22
19

30 min
25 min
30 min
25 min

[227]

MIL-88(Fe)
NH2-MIL-88(Fe) CRY 4 24

22 25 min [228]

MIL-88(Fe)
Mixed-MIL-88(Fe)
NH2-MIL-88(Fe)

ANT 4
24
23
21

30 min [237]

MIL-88(Fe)
NH2-MIL-88(Fe) PYR 4 24

23 40 min [238]

MIL-53(Al)
MIL-53(Al)-F127 bisphenol A 250 329

473
90 min
30 min [239]

MIL-68(Al)/PVDF p-nitrophenol 10 126 720 min [240]
HKUST-1(Cu) p-nitrophenol 200 400 30 min [229]

SiO2@MIL-68(Al) aniline 3000 532 40 s [241]
[Zn(ATA)(BPD)]

MOF-VII 2,4-dichlorophenol 60 -
- 90 min [242]

[Zn(TDC) MOF 2, 4-dichloropheno 60 - 180 min [243]
MIL-68(Al)

CNT@MIL-68(Al)
phenol
phenol 1000 118

257 120 min [244]

NH2-UiO-66(Zr)

2,4,6-trinitrophenol
Styphnic acid

2,4-dinitrophenol
2,4,6-tri- nitrotoluene

2,4-dinitrotoluene

100

23
24
30
0.5
2

36 h [230]

MIL-53(Al) dichlorophenoxyacetic
acid 150 556 1 h [245]

MIL–68(Al)
MIL–68(Al)/GO p–nitrophenol 300 271

332
17 h
17 h [51]

NH2-MIL-88(Fe) 2,4,6-trinitrophenol 35 164 40 min [246]
MOF-199(Cu) Phenol

p-nitro phenol 500 58
68

300 min
30 min [247]

Al-MOF/SA-CS bisphenol A 50 137 18 h [231]
Cu-BDC MOF
Cu-BDC@GrO
Cu-BDC@CNT

bisphenol A 200
60

182
164

40 min [248]

laccase@HKUST-1 bisphenol A 200 - 4 h [249]
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2.5. Pilot and Industrial Scale Adsorption of PAHs and Phenol in Wastewater

Pilot and industrial wastewater treatment plants have been the major repository of PAHs and
phenols. In most cases, these pollutants are washed from the soil by heavy rain or directly emitted from
petroleum refineries, petrochemical industries, and coal mining and processing areas. Thus, they are
deposited into the municipal wastewater and wastewater treatment plants. Various studies have
shown the presence of these pollutants at much higher concentrations than the maximum tolerable
limit in the water. Thus, the target of wastewater remediation technologies has been the wastewater
for both industrial and municipal treatment plants. Application of adsorption technologies at pilot
and industrial wastewater has been well explored [250].

Activated carbon has been the adsorbent most widely used for the post-treatment
of non-biodegradable pollutants such as PAHs and phenols in the wastewater treatment plants due
to its large surface area and uniformity of surface microspores [251]. With the availability of various
low-cost and highly porous adsorbents materials, some researchers have endeavored to explore
the adsorptive removals of the PAHs and phenols at both pilot and industrial scale treatment plants.
Kalmykova et al. (2014) have explored the performance of sand, granular activated carbon (GAC),
and peat moss filters for PAHs and phenol adsorption at pilot-plant. The performance of each filter has
been assessed with the GAC achieving complete removal of phenols, while the peat filter was able to
remove 50–80% of the phenols. For PAHs removal, the percentage achieved by GAC and peat were
50% and 63%, respectively [252]. The application of resin adsorbent, Amberlite XAD16, was reported
by Frascari et al. (2016) for the removal of phenols from olive mill wastewater using continuous
flow column at pilot-scale. The Amberlite XAD16 was well characterized with BET surface area
of 800 m2/g and average particle size of 0.63 mm. The adsorption capacity of the material was evaluated
by the Langmuir model at 40 mg/g with over 70% removal efficiency achieved by the material [253].
El-Nass et al. (2016) have reported on the pilot-scale removal of phenol from refinery wastewater.
About 250 kg of GAC with a particle size of 1.5 mm was used as the bed in the packed column of 1.8 m
and 0.6 m length and internal diameter respectively. Over 90% removal of the phenols was achieved
by the adsorbent, indicating the efficiency of GAC in removal of organic pollutants from the refinery
wastewater [251].

3. Conclusions

Ubiquitous transport, distributions, and the fate of PAHs and phenols in wastewater has been
a major environmental challenge for decades. These pollutants have been well identified as highly
toxic to both fauna and flora and pose carcinogenic and mutagenic effects to humans. Hence,
their environmental abatement, particularly from industrial, municipal, and wastewater treatment
plants (WWTPs), has been highly desired. Various wastewater remediation technologies have been
proposed. This article presented comprehensive review on the use of adsorption technology for PAHs
and phenols remediation from water. The application of various porous adsorbents materials has
been studied.

Porous carbon materials biochar and AC have discovered various applications in environmental
remediation. Those materials have been successfully prepared from various agricultural wastes and
been widely used as adsorbents for PAHs and phenols removal. In comparison to biochar, AC has
shown more promising and potential removal capacity, attributed to the higher porosity of the AC.
Apart from the biochar and AC, other derived porous carbons such as the graphene and CNTs
have been widely employed. Their potentially higher removal efficiencies have been commended.
This is attributed to their remarkable high surface area and strong affinity to the pollutants through
the formation of hydrogen and π-π bonding interactions, as we have illustrated.

Under similar conditions, the use of synthetic polymers, chitosan and MIPs, have been presented.
Despite the selectivity of the polymers, the swelling effect of the chitosan limits their applications.
However, modified chitosan has been shown to offer better removal capacity than the pristine form.
To the larger extent, the potentials of advanced porous materials; mesoporous silica (such as MCM-41,
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MCM-48, and SBA-15), and MOFs had been discussed. The superior adsorption capacity of the silica
and MOFs adsorbents had been in all way connected to their ultra-porosities and high stability
of the materials. Their strong affinity to the PAHs and phenol has been highlighted.

Thus, application of various porous adsorbents has been presented. Findings from previous
works from literature have been compiled and analyzed. This review thus highlighted the potential
of adsorption technique for the removal of PAHs and phenols from environmental wastewater.
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Abstract: Presence of pharmaceutically active compounds (PACs) as emerging contaminants in
water is a major concern. Recent reports have confirmed the presence of PACs in natural and
wastewater systems, which have caused several problems indicating the urgent need for their removal.
The current review evaluates the role of chemically modified biosorbents in the removal of PACs in
water. Reported biosorbents include plant and animal solid waste, microorganisms and bio-composite.
Bio-composites exhibited better prospects when compared with other biosorbents. Types of chemical
treatment reported include acid, alkaline, solvent extraction, metal salt impregnation and surface
grafting, with alkaline treatment exhibiting better results when compared with other treatments.
The biosorption processes mostly obeyed the pseudo-second-order model and the Langmuir isotherm
model in a process described mainly by ionic interaction. Desorption and regeneration capacity
are very important in selecting an appropriate biosorbent for the biosorption process. Depending
on the type of biosorbent, the cost of water treatment per million liters of water was estimated as
US $10–US $200, which presents biosorption as a cheap process compared to other known water
treatment processes. However, there is a need to conduct large-scale studies on the biosorption
process for removing PACs in water.

Keywords: algae; bacteria; biosorbent; biosorption; pharmaceutical waste

1. Introduction

Lack of sufficient clean drinking water is a growing challenge in many countries. Most surface
and groundwater bodies are contaminated and are not directly safe for consumption without being
treated. Surface and ground waters in rural communities that were once clean are now contaminated
due to industrialization and abuse in the use and disposal of pharmaceutically active compounds
(PACs). Contamination has severely affected the quality of freshwater. This undesired effect harms
humans, animals and the ecosystem. Although several measures, such as creating awareness of
water quality problems, promoting advanced water cleaning techniques and establishing preventive
systems, have been put in place in some countries, the challenge is still persistent with different
levels of impact in different countries. Several organic compounds have been reported in water
systems; however, the presence of PACs continues to pose a severe problem among these organic
compounds. Most PACs are considered as emerging contaminants, since their regulation and limit in
domestic and industrial wastewater handling and treatment criteria, in most countries of the world,
are not yet specified, most notably in developing countries [1]. They occur in small amounts and are
capable of bioaccumulating over a period to cause harm. The danger ascribed to PACs necessitates
the development of an environmentally friendly and cost-effective means for their removal in water
systems. The consumption of pharmaceutical compounds has increased over the past decade across the
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world. Their use includes application in disease control and eradication in both human and animals.
One major problem of this is the uncontrolled use of antimicrobial agents in veterinary medicine as
well as the use of over-the-counter drugs in self-medication [2,3]. The abuse of PACs has led to their
presence in the environment. They enter the environment when they are excreted from the body
system and sometimes when inappropriately disposed of or applied. Having entered the environment,
they are capable of transforming into metabolites under certain environmental conditions, temperature,
pressure, light, etc., in a process, which can be described as biodegradation and photodegradation.
The metabolites are sometimes more toxic than the parent PACs. This transformation makes it difficult
to monitor the presence of PACs in their parent forms in surface and groundwater. The presence of
PACs and possibly their metabolites have made pathogenic organisms develop resistance against them
and, over time, they lose their potency against these disease-causing microorganisms. These emerging
contaminants have gained attention as previous researchers have reported toxic and adverse effect even
at low concentration [4]. Apart from the development of drug resistance by pathogenic microorganisms,
previous studies have linked feminization of fish species to the presence of natural and synthetic
estrogens in water [5–7].

PACs are a wide range of chemical compounds, which may include anti-inflammatories, antibiotics,
cytotoxins, birth control pills, synthetic hormones, and statins. They are different from other chemical
contaminants found in water because innumerable complex molecules may form them; the molecules
are absorbed in the human body and may undergo metabolic reactions that can modify their chemical
structure; they may persist in the environment and may be amphiphilic [8]. Several PACs have been
detected in surface water, which varies from region to region, as shown in Table 1. Many sources may
have contributed to their presence in surface water; primary sources are urban, industrial, domestic
and hospital wastewater. Intensive livestock farming, liquid livestock manure, sewage sludge from
agricultural practice and effluents from sewage treatment plants may also serve as sources.

Table 1. Pharmaceutically active compounds (PACs) reported in surface water.

PACs Country Concentration (ng L−1) * Reference

Antibiotics

Erythromycin Bangladesh 6.46 [9]
Metronidazole China 5.10 [10]

Sulfamethoxazole USA 14.73 [11]
Trimethoprim Mexico 74.00 [12]
Ciprofloxacin India 6,500,000 [13]
Amoxicillin Ghana 2.70 [14]

Trimethoprim Kenya 2650 [15]
Tetracyclin Ghana 30.00 [14]

Anti-hyperglycemic
Metformin Sweden 8.40 [16]

Lipid regulator
Gemfibrozil Spain 3735.00 [17]

Analgesics and
Anti-inflammatories

Acetaminophen UK 9822.00 [18]
Diclofenac Malaysia 15.49 [19]
Ibuprofen South-Africa 846.00 [20]

Ketoprofen Portugal 86.90 [21]
Naproxen Poland 13.40 [22]

Anti-depressives
Diazepam India 305.00 [23]
Fluoxetine Portugal 25.37 [21]

* = Maximum concentration reported.
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The different pathways for the introduction of PACs into the environment can be described
as reported by Silva et al. [24] in Figure 1. Apart from their presence in surface water, they have
percolated into groundwater, and their presence has also been documented in coastal seawater [25].
The consequences of the presence of PACs in water goes beyond the reduction in water quality to
environmental persistence and detrimental effect on aquatic life [26].
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There is a need to develop procedures and technology for the complete removal of PACs in
water or in wastewater before they are discharged into the environment. Previous techniques
used for the removal of PACs from water include chemical, physical and biological approaches,
e.g., coagulation, membrane filtration, bioremediation, volatilization, ozonation, flocculation, advance
oxidation, photocatalysis, sedimentation, microbial degradation, electrochemical processes and
adsorption [27–34]. These approaches differ in effectiveness, sustainability and cost and have different
advantages and disadvantages. Unfortunately, sedimentation, coagulation and flocculation processes
are not so suitable and effective for the removal of PACs due to the high solubility and mobility of some
PACs in water [35]. However, separation processes such as ultra-, nano- and micro-filtrations have
been suggested, but their efficiency is mainly dependent on the molecular weight and size of the PACs.
Other studies have also shown that the filtration processes might further depend on ionic interaction,
membrane functional groups, hydrophobic interaction and age of the membrane [36–38]. Use of
advanced electrochemical oxidation has been shown to have the limitation of producing more toxic
and recalcitrant by-products than the parent PACs [39,40]. Although ozonation processes have been
useful, the toxicity of the intermediate compounds formed during the process is not well understood.
It becomes necessary to develop an additional unit operation to remove the intermediate molecules
formed, which increases production cost and the need for expertise. The biological process has been
useful, but the main challenges are incomplete degradation of PACs and production of intermediate
compounds, which either need another procedure to remove them or whose toxicity is not well known.

Several steps have been taken to upgrade these techniques, e.g., attempts at combined advanced
oxidation processes, ultrasonic irradiation, electrochemical degradation, photodegradation, adsorption,
photo-Fenton, etc. [41–44]; however, the upgrade results from the sophistication of these processes.
The biosorption process remains relevant because of its process characteristics such as ease of
maintenance, simplicity, ease of modification of biosorbents, inexpensive cost, efficiency of uptake
even when the adsorbates (PACs) are in low concentrations, lower selectivity and consistency [26,45].
The outstanding performance of biosorption gives it an edge over the other known processes, most
notably the ease of modification, which simplifies the process design. For this reason, this review aims
to consider the role of chemically modified biosorbents in the removal of PACs from the water system.
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2. Biosorption as a Process for Removing PACs in Water

Biosorption is a mass transfer process that moves substances from the fluid phase to the solid
phase. It is a physicochemical and metabolically independent process with mechanisms such as ion
exchange, precipitation, absorption, adsorption and surface complexation [46]. It has found application
in water treatment and, in this case, removal of PACs from the water system. During this process,
substances (adsorbate) in the fluid phase interact with the solid phase and are transferred from the
fluid to the solid phase (biosorbent). PACs are the adsorbate in the fluid phase while a suitable material
capable of interacting with PACs is the solid phase (biosorbent). The process may be conducted in
batch (stirred systems) or continuous mode system (fixed-bed column). The process entails three
stages: (I) transport of adsorbate in the fluid phase to the surface of the biosorbent, known as film
diffusion, (II) movement of the adsorbate to the pores of the biosorbent, or intraparticle diffusion and
(III) fixing of the adsorbate on the surface of the biosorbent, surface bonding. The rate-determining
step is at stage I or II, while the III stage is usually very fast [8,47]. Biosorption has been used to remove
a wide range of contaminants in water, which has included PACs [29,47,48]. One significant advantage
over other processes is that it does not lead to the formation of intermediates [26,27]. The process is
reversible, and the adsorbent used can be regenerated by desorption for reuse. However, biosorption
may be influenced by certain factors, including pH, temperature, particle size and surface area of
the biosorbent. Apart from the surface being large, the surface chemistry must also be appropriate,
and the pore size distribution towards PACs must also be correct. Biosorption has received high
interest because of the wide range of materials that could be used as biosorbent [49]. The biosorbent
used will depend on solubility in water, surface functionality, molecular size and distribution, although
it is difficult to predict the performance of any biosorbent at a glance [24,50]. The economic viability of
the biosorption process will depend on the adsorbate, biosorbent and the process variable employed,
although the biosorbent plays a significant role in this regard. Economic feasibility will depend on the
biosorption capacity, regeneration and possible modification of the biosorbent [27,50].

The development of cheap and efficient biosorbent is critical as many of the conventional ones
lack satisfactory performance [51], which is the reason for introducing processes such as chemical
modification to enhance their performance. Although some materials have been used as adsorbents
for the purification of wastewater in the past despite their high purification capacities, the challenge
is that a few of them are not biodegradable, which gives natural adsorbents priority over synthetic.
Over time, several biosorbents have been modified to improve their capacity for the removal of PACs
in the water system. Attention has been placed on biosorbents for water treatment because they
are from a natural source, are biodegradable, easy to modify, and most are from renewable sources.
Attempts have been made also to make use of waste materials as feedstock for the production of
biosorbents. This way, waste from wood, agricultural and food industries are converted to useful and
cheap low-cost biosorbents, which has emerged as a cost-effective and efficient alternative for water
and wastewater treatment.

2.1. Biosorbents

Biosorbents are biological materials used to remove pollutants passively from a solution.
They include biomaterials like agricultural wastes, algae, bacterial, and industrial wastes. They have
been receiving encouraging attention because they are from renewable sources, cheap, biodegradable
and, after complete usage, do not generate secondary contaminants [52]. Being biological, they contain
lots of functional groups, which is the driving force of the hydrophobic interaction they exhibit during
the sorption process, which is mostly pH-dependent [53,54]. Many natural materials have been
suggested as promising biosorbents for the removal of pollutants in water. These materials can be
inactive or dead microbial biomass, as well as living microorganisms. The mechanism by which
this is achieved is fully understood for some biosorbents, whereas some require more detailed study.
However, the toxicity of some of these biomaterials remains a subject of discussion, which also requires
a detailed study.
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Biomaterials of various sorption capacities are known. The use of these materials depends on not
only their sorption capacity but also reusability over time, which forms the basis for selecting them as
biosorbents. One of the major challenges is the selection of the best performing type of biosorbent
from a large pool of promising and cheap biomaterials. Although most lignocellulosic materials have a
small surface area, effort is focused on how to improve their activity as biosorbents. This does not only
include sorption capacity but also improvement in regeneration. Comparison of sorption capacity
or efficiency of modified and unmodified biosorbents is essential. The modification might be in the
form of pretreatment because the use of untreated biosorbents, most especially plant waste materials,
can cause the release of organic compounds into the water being treated. Untreated biosorbents may
create high chemical oxygen demand, biological oxygen demand and total organic carbon [55], which
leads to depletion of water oxygen content. Therefore, modification of the biosorbent is expected to
be encompassing; this cleans the biomaterial by preventing the introduction of unwanted organic
compounds into the treated water as well as enhancing the ability of the biomaterial to remove PACs.
Different types of chemical modification reported for biosorbents are compared in Table 2.

Table 2. Types of chemical modifications and targeted PACs.

Biosorbent Type of Chemical
Modification PAC Qe

(mg g−1) pH Kinetic
Model

Time
(min) Reference

Scenedesmus
obliquus (Alga) Alkaline (NaOH)

CEFA
PARA
IBU

TRAM
CIP

68.00
58.00
42.00
42.00
39.00

7.80
7.80
7.80
7.80
7.80

PS
PS
PS
PS
PS

45
45
45
45
45

[56]

Waste apricot Metal salt (ZnCl2)
impregnation Naproxen 106.38 5.8 PS 60 [57]

Bone char Acid (H2SO4) Ibuprofen 56.78 4.00 PS 360 [58]

Spent tea
Modified
Spent tea

Unmodified
Surface grafting

(Polyethyleneimine)

Aspirin
Aspirin

-
-

3.00
3.00

-
-

30
30 [59]

cork waste Alkaline (K2CO3) Ibuprofen 416.70 2–4 PS 360 [60]

Olive waste
Acid

impregnation
(H3PO4)

Ibuprofen
Ketoprofen
Naproxen
Diclofenac

12.60
24.70
39.50
56.20

4.12
4.12
4.12
4.12

PS
PS
PS
PS

1560
1560
1560
1560

[61]

Parthenium
hysterophorus

weed
Alkaline (NaOH) Ibuprofen 90.46 4.00 PS 120 [62]

Pine wood
chips

Pyrolysis
followed by

organic solvent

Salicylic
acid

Ibuprofen

22.70
10.74 2.00 PS

PS
960
960 [63]

Sisal waste Alkaline (K2CO3)
Ibuprofen
Paracetamol 140.10

124.30
4.00
6.00

PS
PS

1440
1440 [64]

Sugar cane
bagasse

Vegetable
sponge

H2O (Extraction)
H2O (Extraction)

Paracetamol
Paracetamol

0.12
0.04

7.00
7.00

-
-

-
- [65]

CEFA = Cefadroxil, PARA = Paracetamol, IBU = Ibuprofen, TRAM = Tramadol, CIP = Ciprofloxacin,
PS = Pseudo-Second-Order, - = Not determined, Qe = Adsorption capacity.

As shown in Table 2, the use of organic solvent after pyrolysis of pine wood chips removed
substances that may have leached from the biosorbent into treated water [63]. Similarly, use of water
(H2O) in the pretreatment of sugar cane bagasse and vegetable sponge before the treatment of water
contaminated with paracetamol also removed substances that might have interfered with the use of
the biosorbents [65]. Use of alkaline in chemical modification of biosorbents showed better adsorption
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capacity when compared with other methods. The authors argued that the use of alkaline opens up
pores in the biosorbents, which are capable of interacting and trapping the targeted PACs. The kinetic
model described the biosorption process for the modified biosorbents as reaching equilibrium in less
than 60 min. However, most of the authors allowed the process to keep running for over 60 min
to ascertain the consistency of the equilibria process. Moreover, all the sorption processes obeyed
pseudo-second-order kinetics at a pH in the range 2–7.8. Most authors claimed that biosorption of PACs
is favored at acidic or neutral pH. Unmodified and modified spent teas were evaluated for the removal
of aspirin from the water system [58]. The study confirmed that the use of polyethyleneimine surface
grafted spent tea performed better at a 65% aspirin removal than unmodified spent tea, which achieved
just 1% removal of aspirin. This further shows that chemical modification has the capacity to improve
the performance of biosorbents. Many biosorbents are known for the removal of PACs in water.
Based on their numerous forms, they may be classified into four categories: natural, industrial wastes,
agricultural wastes and forest wastes [66,67].

2.2. Plant and Animal Solid Waste Biosorbent

Plant and animal solid wastes are readily available, cheap and renewable resource materials.
They are produced in large amount yearly and usually disposal is a problem. Finding meaningful use
of these materials is an important area of research. Making use of these waste materials can help reduce
waste load as well as produce economically valuable products [68,69]. The plant-sourced wastes are
composed mainly of cellulose with the presence of lignin, proteins, hemicellulose, sugars, lipids and
starch, which serve as structural components [70]. Studies have shown the capacity of waste materials
to remove PACs from water; the different types of waste reported as biosorbents by the authors of
these studies for the removal of PACs in water are presented in Table 3.

The table reveals the importance of pH in the biosorption process. The pH of the solution plays
an important role in the sorption process. The pH was related to the pHpzc (point of zero charges) of
the studied biosorbents. The pHpzc helps in determining surface properties of the biosorbents. If the
pH of the solution is above pHpzc, then the functional groups on the surface of the biosorbents may
be protonated by excess H+ ions whereas if the solution pH is lower than the pHpzc, the surface of
the biosorbents may become deprotonated by excess OH− ions in solution [73]. It was obvious that
very high pH did not work well for most PACs; however, most works in the literature reported pH
around 5–7. This goes a long way in helping to explain the mechanism of action of the biosorbents
towards PACs. Most of the reported mechanisms involved electronic interactions between the surface
of the biosorbents and PACs. The concentration of the PACs studied in Table 3 varies. Chen et al. [71]
reported a concentration range of 5–20 mg L−1 for tetracycline while Wang et al. [75] reported a
range of 0.5–32 mg L−1, and a range of 0–100 mg dm−3 for diclofenac [72], and Pouretedal et al. [73],
for some PACs, reported a range of 20–200 mg L−1. The concentration range studied has an influence
on the biosorption capacity exhibited by the biosorbents. The studies further show that biosorption
capacity exhibited increases with increase in concentration. However, most PACs are not expected to
be present in the environment at very high concentrations; they are expected to occur in the ng L−1

but, surprisingly, most authors conducted their studies in ranges (mg L−1), which are higher than
reported concentrations of most PACs in surface water as shown in Table 1. The concentration range in
the studies may have contributed to the high capacity exhibited by the studied biosorbents. In fact,
a range as high as 300 mg L−1 was reported in the study of chemically prepared carbon from date
palm leaflets towards the sorption of ciprofloxacin, which was higher than the amount expected in an
environmental sample. However, attention must be focused on the use of low concentration range
to understand further the exact behavior of chemically modified biosorbents at low concentrations,
which reflects the precise concentration of these PACs in the environment. PAC solutions used in most
studies are synthetic in nature and studies on sorption efficiency of biosorbents in real water samples
are lacking. Most reported studies using synthetic PAC solutions did not also consider the effect of
salts, organic matters, surfactants, inorganic molecules, etc., which influences the biosorption capacity
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or process. Therefore, more studies should be conducted to be able to know the exact capacity and
prospects of biosorbents.

Table 3. Removal of PACs by some selected biosorbents and their sorption capacity.

Biosorbent PACs
Adsorption

Capacity
(mg g−1)

Kinetic
Model Mechanism pH

Used
Con

(mg L−1) Reference

Rice husk
ash Tetracycline 8.37 PS Complexation >7.7 5–20 [71]

Potato
peel waste
(activated

carbon)

Diclofenac 74.00 PS
π-π electron

donor-acceptor
interaction

5 0–100 [72]

Vine wood

Amoxicillin,
Cephalexin,

Tetracycline and
Penicillin G

1.98–8.41 PS - 2 20–200 [73]

Bamboo
biochar

Sulfamethazine,
sulfamethoxazole,

and
sulfathiazole

25.11–40.11 PS

Lewis acid-base
interactions,

hydrogen bonding
and π-π

Electron-donor-acceptor
interactions

3–6.5 1–50 [74]

Rice husk Tetracycline 3.89–13.85 - π–π electron-donor
acceptor 5.5 0.5–32 [75]

Reed
straw Sulfamethoxazole 23.35 -

Hydrogen bonding
and π-π electron
donor–acceptor

4 5–30 [76]

Date palm Ciprofloxacin 25.30–53.20 PS
Cation exchange

and hydrogen
bonding

6 50–300 [77]

Canola
biomass Metronidazole 21.42 PS Electrostatic

interaction 7 0–100 [78]

Groundnut
shell Paracetamol 3.02 - - - 10–100 [79]

Brassica
nigra Acetic acid 0.96 - - - 0.5 * [80]

- = Not reported, PS = Pseudo-Second-Order, * = Concentration (N), Con = Concentration.

Table 4 presents the BET (Brunauer-Emmett-Teller) surface area obtained for some biosorbents.
The value varies for the different adsorbents depending on the modification process. Plant materials,
which are lignocellulose, have low SBET as shown by Silva et al. [81], which demonstrated that plant
waste-based biosorbents are feasible alternatives to commercial adsorbents for the removal of PACs
in solution. The team reported use of NaOH modified spent coffee grounds, pine bark and cork
waste for the removal of fluoxetine from the water with biosorption capacities ranging from 4.74 to
14.31 mg g−1. The sorption capacities exhibited by commercially prepared materials, activated carbon
(233.5 mg g−1), zeolite 13 × (32.11 mg g−1) and zeolite 4 A (21.86 mg g−1) were higher than those of
spent coffee grounds G (14.31 mg g−1), pine bark (6.53 mg g−1), and cork waste (4.74 mg g−1). However,
the NaOH modified biosorbents reflect economic feasibility through cost analysis (0.16–6.85 € g−1)
as they are cheaper than the commercial materials, zeolite 4 A (6.85 € g−1), zeolite 13 × (3.13 € g−1)
and activated carbon (1.07 € g−1). Apart from economic feasibility, the biosorbents have a positive
environmental impact by not introducing solid or liquid waste into the environment. As a form of
chemical modification, NaOH-activated carbon was prepared from macadamia nutshell for the removal
of tetracycline from the water system [82]. The material showed a microporous structure with a BET
surface area of 1524 m2 g−1. It exhibited an adsorption capacity of 455.33 mg g−1 towards tetracycline
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in a process that can be described by the Elovich kinetic model. The capacity was higher than what
was reported for rice husk ash [71]. It has become obvious that antibiotics are the most studied classes
of PACs with respect to biosorption onto newly sourced biosorbents. This might be because they are
the most commonly found in the surface water system and due to the possibility of the emergence of
drug-resistant microorganisms. Ciprofloxacin, tetracycline and sulfamethoxazole are among the most
reported. The PACs and biosorbents exist in different ionic states (neutral, cationic or anionic) as pH
changes. The different states of existence determine their speciation, and thus their π-electron-donating
behavior, hydrophobicity and PAC-biosorbent interaction. Biosorption is most favourable when the
PAC and biosorbent have different surface charges, which promotes electrostatic interaction. It is
important to understand state of existence when designing and planning the removal of PACs in water
systems. Study on date palm (Phoenix dactylifera) by El-Shafey et al. [77] revealed its capacity to adsorb
ciprofloxacin from aqueous media by a sorption mechanism that is mainly related to cation exchange
and hydrogen bonding. Previous studies have shown that modified plant-sourced material can exhibit
both biosorption and photocatalysis. In this case, the surface of the material breaks down the PACs
into smaller molecules and, at the same time, adsorbs. This observation was reported for reed straw
supported titanium dioxide, which used synthesis by sol-gel method and was applied for the removal
of sulfamethoxazole [76]. The material exhibited both biosorption and photocatalysis properties
toward sulfamethoxazole with an adsorption capacity of 23,347 mg g−1, which can be described by
Langmuir isotherm. Similarly, Kumar et al. [83] demonstrated the degradation and biosorption of
ibuprofen and 2,4-dichlorophenoxyacetic acid using biochar. The degradation was monitored using
LC-MS (Liquid chromatography-mass spectrometry) while the toxicity of the degraded products was
analyzed by the viability of human peripheral blood cells. This has also shown that biosorbents
modified with transition metal salts like Ti, Zn, etc., have the capacity to degrade the PACs, apart from
the biosorption of the PACs taking place at the surface of the biosorbent. It is of note that most reported
degradation processes did not lead to complete degradation to CO2 and H2O. Biosorbents of this class
are considered dual-functional because of their ability to exhibit both biosorption and degradation in a
single process of water treatment.

Other studies have also shown that biomaterial could be incorporated with nanomaterials to
improve on performance. Wang et al. [84] reported this in a study on the removal of ciprofloxacin
from aqueous solution by magnetic chitosan grafted graphene oxide. The material exhibited a high
sorption capacity of 282.9 mg g–1; the process was pH-dependent. The authors further reported
the influence of other ions (Ca and Na), which was significant on the sorption of ciprofloxacin in a
process controlled by electrostatic attraction and π-π electron interaction. It has become so obvious that
functionalization plays an important role in improving the ability of plant-sourced materials to perform
significantly as biosorbents. The authors reported the synthesis of magnetic chitosan grafted graphene
oxide nanocomposite as an efficient biosorbent for the removal of ciprofloxacin. The modification
led to a reduction in the surface area of graphene oxide from 1685.7m2 g−1 to 388.3 m2 g−1 due to
aggregation resulting from chitosan. The average pore diameter was 13.98 nm, which suggested that
the biosorbent composite was a mesoporous material. This also revealed that care must be taken when
selecting a chemical modification method in order to prevent the selection of methods or steps that
may lead to the formation of aggregates, which reduces the surface area. Since both Langmuir and
Freundlich isotherms can describe the process, the authors argued that the process of biosorption
was likely to be a complex chemisorption process. The bio-composite was regenerated using 100%
methanol; the performance was above 80% in the first cycle. However, the biosorption capacity
remained at 72% at 4th regeneration. Unfortunately, most authors did not report the regeneration of
biosorbents in their studies. Attention should be given to regeneration studies to understand the worth
of low-cost biosorbents.
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Table 4. Mode of study, SBET, Isotherm, Qe, Isotherm, Desorption and ∆G◦ for the sorption of PACs
on biosorbents.

Biosorbent PAC Mode of
Study

SBET
(m2 g−1)

Qe
(mg g−1) Isotherm Desorption

(%)
∆G◦

(kJ mol−1) Reference

CA-Al-KABs Ciprofloxacin Batch 10.595 68.36 Langmuir - −0.944 [32]

SCG
CW
PB

Fluoxetine Batch

<4
<4
<4

14.31
4.74
6.53

Sips - - [81]

MNS Tetracycline Batch 1524 455.33 Temkin - - [82]

MCGO Ciprofloxacin 388.3 282.9
Freundlich

and
Langmuir

>80 - [84]

WPK Naproxen Batch 601.9 73.14 Langmuir - - [85]

GS
YB
CB

Paracetamol Batch
-
-
-

1.74
0.77
0.99 Langmuir - - [86]

CTCBW Acetaminophen Batch 80.586 - Freundlich - [87]

CBP
Clarithromycin
Atenolol 19.26 34.5

39.5
Freundlich
Langmuir - −838 [88]

ASCK Paracetamol
Amoxicillin

Batch and
fixed bed 1908 502.26

282.42
L-F
L-F - - [89]

ASK Paracetamol
Amoxicillin

Batch and
fixed bed 1635 453.39

228.39
L-F
L-F - - [89]

ASP Paracetamol
Amoxicillin

Batch and
fixed bed 420 318.84

198.73
L-F
L-F - - [89]

CA-Al-KABs = Aluminum-pillared kaolin sodium alginate beads, ∆G0 = Free Gibbs energy, CW = Cork waste,
PB = Pine bark, SCG = Spent coffee grounds, MNS = macadamia nut shells, MCGO = Magnetic chitosan grafted
graphene oxide nanocomposite, WPK = Wild plum kernels, GS = Grape stalk, YB = Yohimbe bark, CB = Cork
bark, CTCBW = Chemically treated chicken bone waste, CBP = Cuttlefish bone powder, ASCK = NaOH modified
Argan waste carbon, ASK = NaOH modified Argan waste, ASP = Phosphoric acid modified Argan waste,
L-F = Langmuir-Freundlich isotherm, SBET = Surface area.

Recently, a study by Paunovic et al. [85] documented microwave-functionalized biochar derived
from novel lignocellulosic waste biomass for the sorption of ionizable emerging pharmaceuticals
in solution. They achieved this by preparing a functionalized biochar from wild plum kernels
using simultaneous pyrolysis and microwave potassium hydroxide functionalization. The material
removed naproxen from solution at a pH 5–7 having a maximum adsorption capacity of 73.14 mg g−1.
The removal was driven by electrostatic attraction as the main mechanism of the process, as shown in
Figure 2. Chemical modification by way of first converting biomass to biochar before it is chemically
activated or functionalized has received attention for the removal of PACs in a water system. More
recently, microwave-assisted techniques have been gaining relevance because of their advantage over
the conventional pyrolysis method. Biosorbents prepared through this method have a higher surface
area as reported by Paunovic et al. [85] when compared with other direct, simple modifications as
reported by Silva et al. [81] in Table 4. The microwave-assisted method is of advantage because
the conventional pyrolysis method involves heat transfer to the biomass particles by convection,
conduction and radiation mechanisms. During the conventional method, the surface of the biomass is
heated first in comparison with the internal zones, resulting in a temperature gradient from the biomass
surface to the interior of each particle. The method requires high temperatures, meaning high-energy
involvement, which makes it expensive to run. However, the microwave-assisted methods make use
of radiation that utilizes volumetric heating within a short time. A relatively low amount of energy is
required; the processing time is short with high production yield, which makes it cheaper than the
conventional pyrolysis method. The surface area of natural biosorbents has been improved via this
means as a way of enhancing sorption capacity for PACs.
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Use of plant waste after simple pretreatment have also been reported. An example of this
is the use of grape stalk, yohimbe bark, and cork bark for the removal of paracetamol reported
by Villaescusa et al. [86]. The removal process was found not to depend on pH. The grape stalk
waste exhibited the best adsorption capacity with a modelling capacity that reflected π-stacking
interactions among the lignin, syringyl and guaiacyl moieties in grape stalk and the aromatic ring
in paracetamol. Adewuyi et al. [90] also reported the pretreatment of Adenopus breviflorus for the
removal of 2-chlorophenol in solution. The pretreatment was achieved using different solvent systems.
The treatment prevented the introduction of organic molecules from the seed biosorbent into the
treated solution in a process which followed the pseudo-second-order model, with isotherm plots
fitting well for Freundlich, Langmuir and Temkin models.

Animal waste such as fish bones, cow bones, crab shells, eggshells, etc., have been explored as
biosorbents or precursor materials for biosorption. The study by Kizilkaya et al. [91] reported pretreated
fish bones obtained from bluefish (Pomatomus saltotrix), bogue (Boop boops), European anchovy (Engraulis
encrasicolus) and gilthead seabream (Sparus aurata) as low-cost biosorbents. Dahiya et al. [92] also
reported the use of pretreated crab and arca shell biomass for biosorption. Ojedokun and Bello [93]
published a review on the use of cow dung as biosorbent for the removal of pollutants in water.
This has shown an affinity for cations, which suggests that the material may be useful for the removal of
positively charged PACs in solution. The review showed cow dung as a bioorganic waste, eco-friendly
and inexpensive biosorbent. Previous studies [93,94] showed cow dung to contain calcium sulphate
(0.312%), aluminum oxide (20%), calcium oxide (12.48%), magnesium oxide (0.9%), iron oxide (20%)
and silica (61%). Another study by El Haddad et al. [95] revealed the use of animal bone meal as
biosorbent for the removal of organic compounds in water. The material had an adsorption capacity of
57.15 mg g−1 towards reactive yellow 84 dye in a process that is endothermic, and that can be described
by Langmuir isotherm. Dyes and PACs are organic molecules; the ability of the material to remove
yellow 84 dye in solutions is an indication that the material may be useful for the removal of organic
molecules like PACs in solution. Previous work [87] has reported the use of chemically modified chicken
bone waste as a biosorbent efficient for the removal of acetaminophen. The process fitted well for both
pseudo-second-order kinetic and Freundlich isotherm models. Interestingly, a mixture of activated
animal bones from cow, donkey, chicken and horse has also been evaluated as an efficient biosorbent for
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wastewater treatment [96]. Use of human hair as a biosorbent for the removal of phenol was reported
to achieve a removal of 92% in a batch process [97]. The study leveraged on the fact that human hair
contains keratin, which is a fibrous proteinaceous material with a large surface area. It reveals the
ability of human hair as a possible means for the removal of micro-organic pollutants such as PACs in
water. It is a pointer towards finding application for human hair waste produced in large quantities
in barbers, serving as a means of converting waste to wealth. Clarithromycin and atenolol, which
are common PACs in surface water, were reportedly biosorbed onto cuttlefish bone powder treated
with HCl [88]. The biosorbent showed an adsorption capacity of 34.5 mg g−1 towards clarithromycin
and 39.5 mg g−1 towards atenolol in a process that was found to be spontaneous. The ∆G◦ for the
process was negative (−838 kJ mol−1), which suggests that the process was spontaneous. A similar
negative value (−0.944 kJ mol−1) was reported for the sorption of ciprofloxacin on CA-Al-KABs [32].
However, most recent works found in the literature did not consider the effect of temperature on the
biosorption of PACs. Most of the published works on biosorption of PACs were carried out focusing
on batch operation mode under agitation, which created a gap for limited fixed-bed mode and pilot
studies. This makes it difficult to better estimate the potential of biosorbents. It was also evident that
most studies did not compare the capacity of the considered low-cost biosorbents with commercially
available materials for effective comparison. It is important that future studies consider this.

2.3. Microorganisms as Biosorbents

At the early stage of involving microorganisms in the biosorption process, the effort by researchers
revealed that inactive/dead microbial biomass could passively bind metal ions. The dead microbial
biomass has several advantages over the living microbial biomass such as being cheap, limitation of
toxicity, ease of regeneration, exhibiting ion exchange and with a wide range of operational pH and
temperature. Subsequently, the effort began to move towards investigating the removal of dyes and
other organic pollutants in the water system. Over time, it became evident that biosorption exhibited
by microbial biomass does not only depend on the chemical composition of the microbial biomass
but also the external physicochemical factors and the matrix chemistry. This mechanism has been
reported to be one or a combination of chelation, complexation, adsorption, ion exchange, degradation,
electrostatic interaction, microprecipitation, coordination and donor-acceptor interaction [52,98].
Strains of microorganisms have been shown with the capacity to bio-transform toxic compounds into
less hazardous forms [99]. The sorption tendency exhibited by a microorganism further depends on
the microbial genus, which on the long run defines its cellular composition. They can be used in the
form of fine powder or wet cells, which makes resistance to mass transfer negligible. Some biomass
has been tested and reported as biosorbent. They include algae, yeast, bacteria and fungi with
well-defined structures.

2.3.1. Bacterial

Based on the cell wall and gram staining, bacteria can be divided into Gram-negative and
Gram-positive. The cell ranged in diameter between 0.5 to 1.0 µm, and most are unicellular, belonging
to the prokaryotes. The cell has four major components: cytoplasm, cell wall, nuclear and cell
membrane. The proportions of lipid and protein in the cell membrane vary from one species to the
other. They have different shapes such as spiral, rod, cocci and filamentous. The cell wall differs from
those of other microorganisms due to the presence of peptidoglycan, which determines its shape and
the rigidity of the cell wall. A description of the cell wall of Gram-positive and negative bacterial is
shown in Figure 3.
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During biosorption by bacteria, the cell wall encounters the PACs first in an interaction where PACs
are deposited on its surface. The functional groups such as amine, hydroxyl, carboxyl and phosphonate
groups of the cell wall play an important role in the biosorption process since the uptake of the
PACs is extracellular [52,100]. Characterization and the biosorption mechanism of bacteria have been
studied using different methods such as X-ray diffraction, potentiometric titrations, scanning electron
microscopy, Fourier transform infrared spectroscopy, transmission electron microscopy and energy
dispersive X-ray microanalysis [101–104]. This has revealed the types, nature and number of binding
sites on the surface of the bacteria. Use of Fourier transform infrared spectroscopy has shown band
transformations, which enabled the prediction of possible functional groups involved in the biosorption,
as well as the acidity and basicity of the bacterial surface involved in the interaction. Energy-dispersive
X-ray microanalysis had helped in predicting the chemical and elemental composition of the bacterial,
which helps in confirming the involvement of ion exchange mechanism during the biosorption process.
X-ray diffraction analysis helps in predicting the chemical nature, while the morphology of the cell
surface can be studied using scanning electron microscopy. Both the surface chemistry of the biosorbent
and the water chemistry plays an important role in the removal of PACs while certain factors such as
solution pH, ionic strength, particle size, concentration and temperature influences the removal rate as
well as the adsorption capacity of the bacterial.

Studies have reported different means of enhancing the capacity of bacterial to act as biosorbents.
Methods include chemical and genetic modification. Some focused on improving the active binding
sites to improve biosorption capacity while less consideration was given to the inhibition sites on the
surface of the bacteria. A study by Vijayaraghavan and Yun [105] revealed that the amine group are
active towards biosorption of organic compounds via electrostatic interaction. However, on the contrary,
the presence of carboxyl functional groups on the same surface repels biosorption from taking place at
the surface. The study by Martins et al. [106] reported the use of anaerobic microorganisms to remove
ciprofloxacin, 17β-estradiol and sulfamethoxazole from solution as well as elucidate their bio-removal
mechanisms. The work provided new insight into the anaerobic bioremediation of ciprofloxacin,
17β-estradiol and sulfamethoxazole. During the process condition used (nitrate- and sulfate-reducing
conditions), ciprofloxacin was biodegraded to 80 % under both conditions. Degradation of 17β-estradiol
reached 84 % under nitrate-reducing conditions whereas no biodegradation was achieved with
respect to sulfamethoxazole. The study further revealed that bioremediation might occur by four
mechanisms: (i) extracellular bio-removal by metabolites produced during growth, (ii) biodegradation
by co-metabolism, (iii) biodegradation by sole substrate consumption, or (iv) biosorption to the bacterial
cells. Sorption steps and biodegradation characteristics of lomefloxacin, ofloxacin, enrofloxacin,
ciprofloxacin and norfloxacin have been reported [107]. The study reported sorption of these PACs as
the lead process followed by biodegradation. The biodegradation was favored under aerobic condition
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by temperature increase, which may have been achieved during nitrification through co-metabolism.
Co-metabolic activities of heterotrophic denitrifying bacteria and ammonia-oxidizing bacteria in the
removal of nitrogen and pharmaceutical and personal care products have been investigated [108].
The study revealed biodegradation as the dominant process for removal of ibuprofen while removal of
triclosan was via an equal contribution from adsorption and biodegradation.

Commonly used bacterial strains for remediation of wastewater include Pseudomonas, Enterobactor,
Streptomonas, Aeromonas, Acinetobactor and Klebsiella. Several membrane bioreactors have been
developed for large-scale treatment of domestic and industrial wastewater.

Use of membrane reactor has shown several advantages such as flexibility in operation, prolonged
microorganism retention, complete removal of suspended solids, low rate of sludge production,
treatment of both toxic inorganic and organic pollutants, compact plant size and high rate of
degradation [109]. E-coli biofilm built on activated carbons was reported [89] for the removal of
paracetamol and amoxicillin present in water. The prepared material is microporous with a high
surface area. The performance of the material was compared with when the E-coli biofilm was not
built into the activated carbon. The sorption process without the biofilm showed a rapid kinetic,
with sorption capacity being 319 mg g−1 in a process that can be described by Langmuir isotherm.
Interestingly, the process changed significantly when the biofilm was introduced to the activated carbon.
Although the kinetic was slow, the performance changed remarkably with the material exhibiting a
biosorption capacity of 465 mg g−1 and the process best represented by Langmuir-Freundlich isotherm
model having three different stages. This has shown that the use of bacteria in the biosorption process
for the removal of PACs in water has a positive impact. As shown in Table 4, the authors focused on
the removal of paracetamol and amoxicillin. They argued that the size of PAC plays an important role
in its removal; in this case, paracetamol has a lower molecular weight (151.16 g mol−1) compared to
amoxicillin (365.4 g mol−1), which may have contributed to the greater sorption capacity exhibited
towards paracetamol in the study.

2.3.2. Fungi

This includes yeasts and molds. They are filamentous, with mycelium, which contains a complex
mass of filaments. The cell wall is rigid, which gives structural support and shape, mainly consisting of
polysaccharide, with polyphosphates, proteins, lipids and inorganic ions. The composition of the cell
wall may have contributed significantly to its use as biosorbent for the removal of PACs. Fungi have
a promising ability to serve as biosorbents because of its various functional groups, due to the high
amount of cell wall materials. It is readily available due to the ease of cultivation in large scale with
high yield. Previous work has shown that the use of yeast for environmental research is attractive
because it can be genetically modified. It is well characterized, which helps in understanding the
biosorption mechanism. The ease of modification shows that it can be manipulated for removing
PACs in solution. Four factors that can influence the biosorption of fungi have been reported as:
biomass dose in solution, type and nature of biomass, physicochemical factors like temperature, pH,
ionic strength, and initial solute concentration [110]. They can be modified chemically or physically
to improve capacity to act as biosorbent. The modification can be achieved via improving surface
characteristics by exfoliating or masking the functional groups or by making the biosorption sites
readily available for sorption [111,112]. They are pretreated chemically to modify the cell wall by
creating derivatives with altered sorption abilities and affinities [112]. When fungi are used in water
treatment, the free cells have small particle size and low mechanical strength, which creates the need
for the application of hydrostatic pressure for a suitable flow rate. However, this leads to disintegration
and attrition. Although this material might work well when subjected to the batch process, due to the
hydrostatic pressure they become unsuitable for the column packing process, which is applicable in the
industrial process [113]. Due to the disintegration and attrition challenge, immobilization techniques
have been recommended as means of modification, which may include crosslinking and entrapment.
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When this takes place on polymeric matrix, the biosorbent exhibits improvement and advantage in
particle size, high biomass loading, minimal clogging, high regeneration and ease of separation [114].

Table 5 shows the different types of fungi reported in the past for the removal of PACs in water.
As shown in the table, it is evident that when using fungi for water treatment, biosorption and
biodegradation mostly take place together.

Table 5. Selected fungi previously reported for the removal of PACs.

PACs Fungi Mechanism of
Action Reference

Estrone, 17
β-estradiol, 17

α-ethinyl-estradiol and
estriol

Myceliophthora thermophile and
Trametes versicolor

Biodegradation
Adsorption [115]

Carbamazepine Phanerochaete chrysosporium Biodegradation
Biosorption [116]

Sulfapyridine,
sulfapyridine, and

sulfamethazine
Trametes versicolor Biodegradation

Biosorption [117]

Diclofenac, ibuprofen,
naproxen,

carbamazepine, and
diazepam

Phanerochaete chrysosporium Biodegradation
Biosorption [118]

Carbamazepine,
diclofenac, iopromide

and venlafaxine

Trametes versicolor
Irpex lacteus

Ganoderma lucidum
Stropharia rugosoannulata

Gymnopilus luteofolius
Agrocybe erebia

Biosorption [119]

Sorption of carbamazepine, diclofenac, iopromide and venlafaxine by fungi was reported in
a bioreactor treatment [119]. The sorption process was likened to active transport in living cells,
which plays an essential role in the sorption process. The removal of the PACs was by both sorption
and biodegradation. Recently, Aspergillus sydowii and Aspergillus destruens were reported for their use
under saline conditions for the removal of PACs [120]. Benzo-α-pyrene and phenanthrene were used as
a sole carbon source during the study. They achieved a removal of over 90% in a process described to be
biodegradation (Aspergillus sydowii) and biosorption (Aspergillus destruens). Furthermore, a study [121]
on the efficiency of Trametes versicolor and Ganoderma lucidum, to remove thirteen pharmaceutical
pollutants with concomitant biodiesel production from the accumulating lipid content after treatment,
revealed a 100% removal for diclofenac, gemfibrozil, ibuprofen, progesterone and ranitidine, whereas it
showed low removal towards 4-acetamidoantipyrin, clofibric acid, atenolol, caffeine, carbamazepine,
hydrochlorothiazide, sulfamethoxazole and sulpiride. However, the combination of Trametes versicolor
and Ganoderma lucidum enhanced efficiency, which was attributed to the interactions developed
between both strains. In general, white-rot fungi belonging to the Basidiomycota family has been
used in several studies to evaluate potential as a means of removing PACs in water [115,122–125].
They are well known for their ability to degrade lignin. Interestingly, their enzyme system is based
on free radicals; they are non-selective and non-specific; they tend to degrade pollutants either by
extracellular or intracellular enzymatic route [126]. This capacity and mechanism of degrading lignin
is also extended towards PACs. This ability gives them an outstanding edge and attraction in the
treatment of wastewater.
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2.3.3. Microalgae

There is growing interest in the use of microalgae-based remediation biotechnologies as a means
of removing PACs in water. The microalgae-based remediation biotechnology is green, driven by
solar energy, eco-friendly, shows fixation and turnover of carbon, and can serve as a source of other
useful products [127,128]. Figure 4a shows the different species of microalgae commonly used in
bioremediation of wastewater and PACs [129]. The fact that mixotrophic microalgae can maneuver
their metabolism process between autotrophic and heterotrophic, making them survive and thrive
in extreme environments, gives them an edge over bacteria and fungi that need carbon and other
nutrients for growth and degradation of PACs. Just like bacterial and fungi, algae make use of their
cell wall for the removal of PACs in solution. The cell wall contains several substances like lignin,
pectins, protein, cellulose, hemicellulose and extensin. Due to the main functional groups in the cell
wall being phosphoryl, amine and carboxyl groups, the cell wall is negatively charged, which makes
them attractive towards cations via electrostatic interaction. Apart from the charge playing an essential
role in biosorption, the hydrophobicity, species and structure are also crucial in selecting microalgae
for biosorption activities. Studies have shown their ability to remove carbamazepine, ibuprofen,
metoprolol, estrone, β-estradiol, etc., from solution. A report by Matamoros et al. [130] showed that
mixed microalgae species such as Chlorella and Scenedesmus species could remove tris(2-chloroethyl)
phosphate, caffeine, tributyl phosphate, carbamazepine, galaxolide, 4-octylphenol and ibuprofen from
solution. The removal of the pollutant was high at a capacity that was not less than 99%. However,
the aerated batch reactors inoculated with the mixed microalgae could only efficiently remove
4-octylphenol, galaxolide, and tributyl phosphate as well as ibuprofen and caffeine, but expressed
difficulties removing carbamazepine and tris(2-chloroethyl) phosphate. Interestingly, the authors
argued that it was the first time that the enhancing effect of microalgae in water treatment had
been evaluated. The findings showed that microalgae improved the removal efficiency of ibuprofen
by 40%, which further reduced the lag phase of caffeine by three days. It was further shown that
microalgae improved the removal efficiency of ibuprofen and caffeine either by releasing exudates,
which enhanced the biodegradation processes, or by microalgae biosorption. Studies of Scenedesmus
obliquus and Chlorella pyrenoidosa dead cells have shown their ability to remove progesterone and
norgestrel [131]. When PACs are biosorbed by microalgae, they can bioaccumulate with the possibility
of causing damage to the cell; however, the concentration at which PACs are present in the environment
is safe enough for the microalgae and do not exhibit lethal inhibition [129,132]. Chlamydomonas
Mexicana and Scenedesmus obliquus are examples of species that bioaccumulated carbamazepine [133].
Microalgae have shown biodegradation to be an effective mechanism for the removal of PACs in
water. They have biodegraded carbamazepine, ibuprofen, caffeine and tris(2-chloroethyl) phosphate
in previous studies [134,135]. Several types of enzymatic reactions have been brought forward to
describe the degradation exhibited by microalgae towards PACs, and some of these reactions include
oxidation, ring cleavage, demethylation, hydroxylation, hydrogenation, carboxylation, halogenation,
decarboxylation and glycosylation [129–135]. The degradation of PACs, as described in Figure 4b may
occur in a two phase enzyme system known as phase I and II. In phase I, initial attacks take place
using enzyme cytochrome P450, which increases the hydrophilicity of PACs or promote hydrolysis,
reduction or oxidation reactions. During phase II reaction, enzymes such as glutathione-S-transferases
catalyze the reaction between glutathione and electrophilic molecules; this reaction also protects the
system against oxidative damage [129]. Escapa et al. [136] reported the removal of salicylic acid,
paracetamol, phosphate and nitrate using Chlorella sorokiniana. This study further revealed its use for
the biodegradation of metoprolol, diclofenac, paracetamol and ibuprofen.
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The complete role of these enzymes in the two phase enzyme system is not well understood as
research is currently ongoing on how to understand the biotransformation of PACs in the microalgae
system. However, metagenomics and meta-transcriptomics analyses are playing a leading role in this
regard. Co-metabolism has also been effective in enhancing the ability of microalgae in the removal of
PACs. The introduction of organic substrates to the degradation process serves as a means of supporting
activities of specific catabolic enzymes in charge of the degradation process. This was demonstrated
in the degradation of monooxygenase and N-deethylase with the introduction of acetate [137]. It is
important to evaluate the influence of organic substrate before it is introduced into the degradation
process because some substrate is capable of having a negative effect on the process by reducing
enzyme activity. However, a few factors are understood, such as the role of electron-donating groups,
e.g., amine, hydroxyl and alkoxy, in enhancing susceptibility to electrophilic attack by enzymes. It has
also become clear that the presence of groups such as nitro, halogen and amide decreases enzymatic
biotransformation ability [53,138]. This is also an indication that it is better to understand the structure
and functional group composition of PACs before selecting species of microorganisms for its removal.
It is also essential to understand the functionality of any organic substrate before inclusion in the
degradation process.
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2.4. Biocomposite

Bio-composites are materials containing two or more distinct substances, which are brought
together to produce a new material with improved performance better than the individual constituent
materials. They are biomass-based-materials that can be used for wastewater treatment; they are
receiving much attention now because of their biodegradability, high performance and eco-friendliness.
Biopolymers remain the major component of bio-composites; these biopolymers are cellulose, chitosan,
starch, chitin, alginate, etc. The merit of these biopolymers lies in their non-toxicity, abundance,
cost-effectiveness and environmental friendliness [139]. Cellulose, chitin and chitosan are similar in
their chemical structure. The only difference is the N-acetyl, amino and hydroxyl functional groups at
the C-2 position, as shown in Figure 5.
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These materials have been prepared in combination with other materials such as clay (commonly
used clays include kaolinite, vermiculite, montmorillonite and illite), graphene, carbon, etc. Use of
biopolymer alone may not be so effective in the removal of PACs from water. However, the combination
of these materials (clay, carbon, graphene and natural polymer) plays an important role. Clay and
graphene have large surface areas that can enhance removal; moreover, the cation exchange capacity
of clays is also essential. An appropriate bio-composite should be inexpensive, abundant, efficient,
environmentally friendly, biocompatible and reusable.

Table 6 presents different bio-composites reported in the literature. Karoui et al. [141] reported the
preparation of enhanced biosorbent from Tunisian-reed (Phragmites-Australis) and its use in the removal
of ciprofloxacin antibiotic and methylene blue dye. The composite was designed under response
surface methodology. The study revealed a 76.66% removal for ciprofloxacin and 100% removal
for methylene blue dye in a process that can be described by the Brouers-Sotolongo-fractal model.
A study reported the removal of parabens from wastewater using magnetic waste tyre activated
carbon-chitosan composite [142]. The composite has a surface area of 1281 m2 g−1 and pore size
of 4.05 nm, which exhibited a high sorption capacity with 100% removal in a process described by
Langmuir and Redlich-Peterson isotherm models. Figure 6 shows the adsorption of parabens and
the TEM (Transmission electron microscopy) images. The composite contains chitosan, which is the
most deacetylated form of chitin. The presence of hydroxyl and amine groups makes it highly reactive
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with other compounds. The regeneration capacity of the biosorbent was carried out using methanol.
The results obtained for the regeneration showed that recovery and adsorption were not affected for up
to seven adsorption/desorption cycles. The result of the regeneration demonstrated the outstanding
reusability of the bio-composite and its potential use in wastewater treatment.

Table 6. Bio-composites reported for water treatment.

Bio-composite PAC SBET
(m2 g−1)

Qe
(mg g−1)

Removal
(%)

Desorption
(%)

Solvent for
Desorption Reference

CCGC

Metamizol
Acetylsalicylic

acid
Acetaminophen

Caffeine

-
-
-
-

6.29
9.92
7.52
8.21

>70
>85
>60
>80

>55
>85
>55
>80

Ethanol and
water

[3]
[3]
[3]
[3]

NMVC 4-aminoantipyrine 96 6.53 98.40 76 Water [30]

MCGO Ciprofloxacin 388.30 282.90 >80 Methanol [84]

Phragmites-Australis Ciprofloxacin 8.90 17.30 76.66 - - [141]

MWACC Methylparaben
Propylparaben 1281 85.90

90.00
100
100

>95
>95 Methanol [142]

APB Norfloxacin 90.40 5.24 92.70 >84 Methanol [143]

RGO-M Ciprofloxacin
Norfloxacin

-
-

18.22
22.20

-
-

-
-

-
-

[144]
[144]

CBM

Diclofenac
sodium

Tetracycline
hydrochloride

27.54 164.00
40.20

>70
>55

>60
>60

Ethanol and
water [145]

CCGC = Chitosan/waste coffee-grounds composite, MWACC = Magnetic waste tyre activated carbon-chitosan, APB
= Clay-biochar composite with potato stem and natural attapulgite, - = Not determined, NMVC = Nanocellulose
modified vermiculite clay, MCGO = Magnetic chitosan grafted graphene oxide nanocomposite, RGO-M =
Graphene oxide/magnetite composites, CBM = Chitosan-based magnetic composite, Qe = Adsorption capacity,
SBET = Surface area.
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(b) Separation of sorbent using external magnet and (c) TEM of magnetic waste tyre coated activated
carbon-chitosan under different magnifications [142].
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Clays are hydrous aluminosilicates, which can be categorized mainly into montmorillonite,
smectite, kaolinite, ilite, and chlorite. Among these categories, kaolinite, montmorillonite and ilite
are mostly used, due to their physicochemical, structural and mechanical properties. The price is low
as the cost of clay ranges between $0.005–0.46 per kg [146,147]. It contains exchangeable cations and
anions such as Ca2+, Mg2+, H+, K+, Na+, NH4

+, Cl−, PO4
3− and NO3−, which are easily exchanged

with other ions without altering the clay structure [147]. Report from the previous study has shown
that faces and edges of clay particles can adsorb charged (cations and anions) and neutral pollutants
in water [147]. These properties qualify it as a material that can be combined with biopolymer to
produce bio-composite. Clay-biochar composites have been produced for the enhancement of sorption
capacity of biochar for certain contaminants [148]. Even though several methods have been used for
the production of clay-biochar composites, the most frequently used method is pyrolysis [148,149].
Clay-biochar composite prepared by potato stem and natural attapulgite has shown higher sorption
capacity for norfloxacin in the pH range of 2.0–11.0 [143]. Major sorption mechanisms involved
were electrostatic attraction, hydrogen bonding, hydrophobic interaction, and π-π interactions [150].
The sorption capacity was demonstrated in double distilled tap and river water, and the composite
exhibited a removal of 84.14, 82.17 and 87.37%, respectively. The regeneration of the bio-composite
with methanol was stable up to the 5th cycle with a capacity greater than 84%. This capacity relates
well with values reported for the regeneration of magnetic waste tyre activated carbon-chitosan
bio-composite [141], which presents bio-composites as promising materials for wastewater treatment.

Waste coffee-grounds, a poorly explored source of bio-compounds, were combined with
chitosan and poly (vinyl alcohol) in order to obtain composite [3]. The composite exhibited a
noticeable enhancement for the sorption of metamizol (6.29 mg g−1), acetylsalicylic acid (9.92 mg g−1),
acetaminophen (7.52 mg g−1) and caffeine (8.21 mg g−1). The highest removal efficiency was registered
at pH 6, which obeyed the pseudo-second-order model and Freundlich isotherm. The composite is
cost-effective with remarkable reusability of at least five consecutive biosorption/desorption cycles.
Surfactant modified cellulose-montmorillonite composite has also been prepared as a biosorbent [151].
Aluminum-pillared kaolin sodium alginate beads (CA-Al-KABs) were prepared by gelling and
solidification processes, which were used for the removal of ciprofloxacin in solution [32]. Sorption
of ciprofloxacin was found to be pH-dependent, pseudo-first-order kinetics model controlled and
obeyed the Langmuir isotherm model with an adsorption capacity of 68.36 mg g−1. The mechanism
for the sorption of ciprofloxacin is electrostatic attraction, as described in Figure 7a. Starch modified
smectite clay composite has also been prepared and used for the removal of PACs from wastewater
treatment plant effluent [152]. It is evident that most regeneration processes made use of polar solvents
or a mixture of organic solvent with water as a means of an aqueous system for the regeneration of
bio-composite. Alcohol is the most commonly used organic solvent, which might be due to the polar
solubility of most of the PACs.

Graphene is a one-atom-thick, two-dimensional layer of sp2-hybridized carbon [153].
Its physicochemical, thermal, mechanical and electrical properties are extraordinary, which makes
it suitable for different applications. The surface area is large, and its large delocalized π-electron
system promotes interaction with other molecules [154,155]. This interaction is a pointer for its use
as a material in the removal of PACs in the water system. It can hold oxygen-containing functional
groups in its molecule to form reduced graphene (rGO) or graphene oxide (GO). This is an indication
that it can be modified by grafting other functional groups onto it or by combination with other
materials such as biopolymers. Its exceptional properties such as large surface area, short intra-particle
diffusion path-length, high sorption site, low-temperature modification and ease of regeneration present
graphene as an excellent material for composite preparation. When such composites are prepared
in combination with a biopolymer, they are classified as a new class of fascinating bio-composite.
One disadvantage that limits the use of graphene is the possibility of aggregation. However, this
challenge is overcome by intercalating particles within the layers of graphene [144]. rGO/magnetite was
prepared by Tang et al. [156] and used for the removal of norfloxacin and ciprofloxacin. The process
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was spontaneous and exothermic with sorption capacity of 22.20 and 18.22 mg g−1 for norfloxacin
and ciprofloxacin, respectively. The process obeyed Temkin isotherm, Langmuir isotherm and
pseudo-second-order kinetic models. It is pH-dependent, and the removal mechanism consisted of
electrostatic repulsions and π-π interactions. GO may be incorporated into polymer membrane to
boost performance in water treatment. A few reports cover the incorporation of GO into particular;
poly (N-vinylcarbazole), polyamide; and polysulfone membranes [157]. Inclusion of GO and activated
carbon in polymer ultrafiltration membrane has shown improvement in hydrophilicity, electrostatic
repulsion and pore size, which remarkably enhance removal of PACs in water [158]. Li et al. [159]
reported the degradation of amoxicillin using magnetic TiO2-GO-Fe3O4 composite with a submerged
magnetic separation membrane photocatalytic reactor. TiO2-GO-Fe3O4 was prepared with high
Photo-Fenton catalytic performance and capability of magnetic recovery. Fe3O4 not only enhanced
Fenton degradation of amoxicillin but also contributed to the magnetism of the photocatalyst for
magnetic separation from treated water. The study revealed an excellent degradation of amoxicillin in a
photodegradation process that is described in Figure 7b. It is also obvious in Table 6 that bio-composite
prepared with the inclusion of GO exhibited high surface area and high adsorption capacity when
compared with other bio-composites which did not include GO. The high surface area exhibited by the
bio-composite might be due to the high surface area of GO, although the authors reported that the
initial high surface area of GO reduced after inclusion for the preparation of bio-composite, which
may be due to the aggregation resulting from the interaction with biomass. Most bio-composites
remained steady in their regeneration and adsorption capacity up to 5–8 cycles, which makes them
outstanding. Unfortunately, there is limited information on desorption studies or regeneration of
plant-based biosorbents, as shown in Table 4, unlike the case for bio-composite. Apart from this,
the introduction of magnetic properties into some of the reported bio-composites [142] as described
in Figure 6 makes them stand out. The magnetic properties demonstrated by such bio-composites
makes it easy to separate the biosorbent from the treated water system, unlike other biosorbents which
required filtration and other steps, which adds extra cost to the actual treatment cost.
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2.5. Desorption and Regeneration

The reusability of biosorbent is essential. This involves the removal of adsorbate from the surface of
the biosorbent after use and the biosorbent should return to almost its original form in morphology and
effectiveness. The number of cycles in which biosorbents can be reused goes a long way in determining
their economic value and viability. One of the key achievements of biosorbents is their recovery
after usage. Developing a suitable system for desorption is very important. It is not sufficient for a
biosorbent to exhibit high performance alone, but reusability is equally essential. Therefore, desorption
and regeneration are the fundamental processes to check when selecting biosorbents. Many materials
have been developed in the past as biosorbents for removal of PACs from the water system. However,
some of them are not easily regenerated, which makes their continuous use questionable, as they will
have to be discarded after completing a circle or two. Discarding such material may also lead to an
environmental pollution problem. It is very important that, after the sorption process, spent biosorbents
are separated from the medium, regenerated and recycled. Several methods have been developed for
the desorption process. However, the use of eluents is still the most commonly used process. Ability
to select the most suitable eluent is very vital, a process, which depends on the type of biosorbent,
adsorbate and mechanism of biosorption. An appropriate eluent should not damage or change the
structure of the biosorbent, should be environmentally friendly, cheap, have high affinity for the
adsorbate, not alter the adsorbate or biosorbent and should easily separate from the adsorbate.

Previously used eluents include mineral acids [30], organic acids and solvents [160],
and complexing agents [161]. Desorption may be performed in batch or column, although the
desorption process is easier in a packed column arrangement. When the sorption process is in a column,
it is better to perform the desorption in the column as well. For example, once the sorption process
becomes saturated, it is better to switch to desorption by allowing the eluent to flow through the
column. It is important to carefully monitor the process so as not to overstretch the biosorbent; however,
this also depends on the strength of the biosorbent. The potential of a desorption process relies on the
removal mechanisms and the mechanical stability of the biosorbent. Since most biosorbents exhibit
ion-exchange or ionic interaction towards positively charged PACs, use of mild to strong acidic systems
should sufficiently achieve the desorption. This becomes beneficial since acidic solutions are common
waste, generated in most industries. Therefore, acidic solutions generated during industrial processes
can find an application by serving as a means of regenerating spent biosorbents. Chakraborty et al. [162]
reported the desorption of ibuprofen from bidirectional activated biochar from sugarcane bagasse.
The desorption was carried out using 0.1 N methanol under continuous agitation at 130 rpm for 24 h at
25 ◦C. It was efficient even after 4 cycles up to values above 65%. Desorption of diclofenac sodium and
tetracycline hydrochloride from chitosan-based magnetic composite was achieved using ethanol and
water (volume ratio of 1:1) with 1 wt % of NaOH [145]. For effective desorption, the alkaline condition
was maintained since Fe3O4 is unstable at very low pH. Furthermore, the solution of ethanol-water
was used in order to dissolve diclofenac sodium and tetracycline hydrochloride. The process attained
a regeneration efficiency of five cycles. Desorption and regeneration of biosorbent are carefully
considered when selecting biosorbent for water treatment. Care should be taken to ensure that the
integrity of the biosorbent is intact after desorption and regeneration. It has become apparent that
selecting the most suitable system for desorption is a challenging task, which requires a detailed
understanding of the biosorbent as well as the PACs.

3. Cost Evaluation

Estimating the cost of biosorption and biosorbent is not an easy task, and it is not often
reported. Process treatment, transportation, energy consumption, maintenance, process optimization,
regeneration, disposal and desorption are factors considered when making an estimate. It depends
on the nature of water or wastewater to be treated, as well as volume. However, capital expenditure
and running cost will depend on the type and size of the treatment plant. It is better to make use of
waste as feedstock for biosorbent production to minimize process cost. Wastes generated from farm
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produce, domestic and industrial wastes such as bacterial waste from fermentation industries, fungal
wastes from food processing industries and sludge from other processing industries are applicable in
biosorbent production. Waste disposal is a major problem, therefore making use of these wastes solves
the environmental problem and at the same time helps reduce the cost of producing biosorbents for
water treatment. One factor that increases production cost is pretreatment given to feedstock. Some of
these materials require some pretreatments before processing, and the extra pretreatment may increase
production cost. However, it is important to consider an effective but cheap and affordable treatment.
It is vital to ensure that the treatment facility is close to the source of waste to minimize cost. Disposal
cost should be factored into the cost of biosorption because once the biosorbent is completely utilized
in a repeated cycle, it has to be replaced, although the spent biosorbent might find application in other
fields like in the production of particleboard, cement, biogas, etc.

Cost evaluation depends on several factors, which makes it difficult to generalize.
Therefore, the cost may vary from one biosorbent to the other depending on composition. This will
also include whether it is sourced from waste or neat feedstock. Biosorption cost will also depend
on the capacity and behavior of the biosorbent used. For example, if the removal process is fast and
completed within a short time, less energy is consumed, unlike a biosorbent with slow uptake and long
sorption time. The more the energy consumption, the higher the cost of production. The biosorption
process is economically feasible compared to other methods such as reverse osmosis, electrodialysis,
advance oxidation and electrothermal methods, which cost about US $450 per million liters whereas,
depending on the type of biosorbent, the cost of water treatment per million liters is estimated as
US $10–US $200 [163]. Use of chemicals is reduced, and when microorganisms are used, they can
mineralize and degrade the PACs to forms that are readily adsorbed or wholly converted to CO2 and
H2O. Different costs have been reported in the literature, for example, bagasse fly ash costs US $0.02 per
kg [164], biochar costs US $2.65 per kg [165], chitosan-based biosorbent costs US $8–10 per kg [166] and
kaolinite clay costs $0.005–0.46 per kg. The price may change depending on several economic factors.

Future Perspectives for Biosorption

With the current challenge of how to get rid of PACs in the environment, the government needs to
develop a policy that will regulate the use of pharmaceutical products. Most countries do not have
functional regulations to monitor and control the emergence of PACs in water. Moreover, current
emerging PACs in water were not envisaged to occur in the water system; therefore, most of the
currently used techniques for water treatment were not developed to cater for them. There is a need
to develop efficient technologies that will help remove PACs entirely. However, biosorption has
this advantage over other known methods. Nonetheless, most reported works on biosorption were
laboratory-based and not on a large scale, which should be an area of focus. For biosorption to gain
full operation, there is a need to conduct sufficient research on its use on a large scale for industrial
purposes. To apply biosorption in real large-scale situation, there is a need to understand the response
of biosorbent to operating parameters such as pH, temperature, particle size and load on a large scale.
Most published works were conducted on a small scale in the laboratory. Therefore, it is crucial to
know whether the biosorbent will behave differently when subjected to these parameters on a large
scale. This information is currently missing.

The fact that it is cheaper to produce biosorbents from waste is an indication that there would
be a socio-economic viability for large tons of waste generated from bio-based industrial processes.
The waste generated from agriculture is massive. Investing in the conversion of such waste to
biosorbents will create jobs and a new avenue for developing biosorption to full industrial scale,
although there is the possibility of competition between using agricultural wastes as biosorbent and
as feedstock for biogas production. However, the biosorbent can still be used for biogas production
after it is completely used up and has repeatedly completed its utilization cycle, which makes it a
win-win situation. Even though biosorbents can find use in biogas production, it is crucial to develop
good disposal practice for spent biosorbents. It may also be essential to develop other ways of making

110



Water 2020, 12, 1551

use of spent biosorbents. Microorganisms as biosorbents have shown exciting results in biosorption,
biodegradation and bioaccumulation of PACs. Care must be taken when using living organisms not to
create strains that would be resistant by mutating. It is important not to end up creating a new problem
while trying to solve environmental challenges. The possibility of using microorganisms creates a new
area of research of screening for novel strains of bacteria, fungi and algae that will be useful and efficient
in wastewater purification. There is a need to pay more attention to understanding the mechanism
by which these microorganisms remove PACs from water. The use of bio-composite has proven very
useful for the removal of PACs in water, but the complexity and chemical reagent involved in its
production increases cost. There is a need to research more on reducing production cost by reducing
production steps and using simple and cheap chemical reagents for bio-composite preparation.

4. Conclusions

This review considers the role of chemically modified biosorbent in removing PACs in water.
It identified a few biosorbents and their role. It revealed that modification of biosorbents is vital
to improving their capacity. Most biosorbents are prepared from waste, which plays a crucial role
in cost reduction. Bio-composites exhibited better prospect as biosorbents when compared with
other biosorbents because they contain two or more distinct materials brought together to produce a
new material with improved performance better than individual constituent materials. During the
sorption process, pH plays an important role; most of the sorption processes were pH-dependent.
Use of living microorganisms showed that, apart from biosorption, the organisms are capable of
bioaccumulating and biodegrading PACs. The majority of the sorption processes reported followed
the pseudo-second-order model and can be described by the Langmuir isotherm model. Production
of biosorbents was considered relatively cheap, efficient, and a promising means of removing PACs
in the water system. Despite the numerous studies of biosorption, most of the works reported were
laboratory-based (small-scale), and there is a need to conduct large-scale studies on the biosorption
process for removing PACs in water.
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Abstract: Selenomethionine (SeMet) and selenocysteine (SeCys) are the most common forms of or-
ganic selenium, which is often found in the effluent of industrial wastewater. These organic selenium
compounds are toxic, bioavailable and most likely to bioaccumulate in aquatic organisms. This study
investigated the use of two adsorbent candidates (granular activated carbon (GAC) and nano ze-
rovalent iron (nZVI)) as treatment technologies for SeMet and SeCys removal. Batch experiments
were performed and inductively coupled plasma optical emission spectrometer (ICP-OES) was used
for sample analysis. Experimental data showed GAC demonstrated a higher affinity towards the
removal of SeMet and SeCys compared to nZVI. The removal efficiency of SeCys and SeMet by GAC
was 96.1% and 86.7%, respectively. NZVI adsorption capacity for SeCys was 39.4% and SeMet < 1.1%.
Irrespective of the adsorbent, SeMet is more refractory to be adsorbed compared to SeCys. Kinetics
data of GAC and nZVI agreed well with the pseudo-second-order model (R2 > 0.990). The exper-
imental data of SeCys was characterized by Langmuir model, indicating monolayer adsorption.
The adsorption capacity of nZVI for SeCys increased significantly by about 35%, with a decrease in
pH from 9.0 to 4.0, indicating that SeCy removal by nZVI is pH dependent. While electrostatic attrac-
tion is considered the driving mechanism for nZVI adsorption, GAC uptake capacity is controlled
by weak van der Waal forces. The adsorption of binary adsorbates (SeMet and SeCys) exhibited
an inhibitory effect due to the competitive interaction between contaminant molecules.

Keywords: adsorption; nano zerovalent iron; granular activated carbon; organoselenium; water;
wastewater; treatment

1. Introduction

Organoselenium simply refers to compounds that contain selenium (Se) in combina-
tion with other elements, such as carbon, oxygen, hydrogen, and nitrogen as part of their
structure. The primary form of organic Se is selenoamino acids and selenoproteins [1].
SeMet and SeCys are the most common forms by which Se-amino acids exist in the environ-
ment and are uptaken by plants and aquatic organisms [2,3]. Naturally, SeMet and SeCys
are organically bound in foods, such as nuts, yeast, eggs, liver, garlic [1,3]. In general, Se is
a trace element essential for living organism physiological processes at a concentration
range from 63–135 µg/L but exhibits toxicity outside this range of concentration [4].

In aqueous environments, organic selenium can be categorized as an emerging con-
taminant. It exists in the form of SeMet and SeCys in the effluent of industrial wastewa-
ters [5], emanating from mostly mining, oil and gas refineries and coal-fired power plants.
SeMet and SeCys are known to have higher bioavailability than inorganic selenium species
as it is readily absorbed [3,5]. As a result, the ecotoxicological effect of organic Se (SeMet
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and SeCys) in aqueous environments is increased. One of the major concerns of organic
selenium is the tendency to accumulate in aquatic organisms for an extended period of
time, resulting in the contamination of fish and wildlife diets [6]. Public health is at risk
if humans consume selenium-contaminated fish and wildlife [7]. The US EPA recently
set environmental Se threshold regulations to be reliant on biotic tissue-based concentra-
tion rather than the traditional aqueous concentration limit [8]. This regulation is key to
preventing organic Se propensity to bioaccumulate within the food-web. Therefore, it is
essential to remove organic selenium contaminants from industrial wastewaters in order
to decrease the bioaccumulation of selenium in aquatic life, the adverse impact on the
ecosystem and the threat to public health. However, there are limited options available for
the industries to meet this regulation.

To date, research on selenium remediation in aqueous media has largely focused on
inorganic selenium removal. Various treatment technologies have been explored to remove
Se from industrial wastewater. These are broadly classified into physical, chemical and
biological treatment processes [9,10]. The following studies investigated these removal tech-
nologies: elemental selenium (Se0) precipitation [11,12], iron coprecipitation methods [13],
ion-exchange [14], adsorption using mineral adsorbents [15–21], coagulation [22], electroco-
agulation [14] and photocatalytic reduction [23,24]. The biological treatment method is the
most commonly used remediation technology for inorganic Se removal [10]. The process
relies on the use of microbial mediation for selenium species removal [25–28]. However,
the presence of SeMet has been reported in the effluents of an industrial biological treatment
system [5]. It stands to reason that biological treatment techniques are among the primary
sources of organic Se pollution in wastewaters. The transformation of inorganic selenium
species to the organic form is mainly due to the microbial activities [5,29]. As a result,
the existence of organic Se (SeMet and SeCys) in wastewaters remains an environmental
contaminant of concern and the remediation techniques have rarely been researched.

So far, very few studies had investigated organic selenium removal from wastewaters.
Alain (1997) investigated the removal of selenocyanate (SeCN–) from sour crude oil pro-
duced wastewater by copper (II) salt precipitation [30]. Meng 2002 [31] studied the removal
of selenocyanate (SeCN–) from wastewater using Fe(0) filings through the formation of
elemental selenium (Se0). Sanna (2003) studied seleno-DL-methionine separation from
inorganic selenium solution using magnesium-loaded activated charcoal [32]. However,
besides our earlier study on SeMet removal [33], no previous research has investigated the
removal of SeMet and SeCys from wastewater.

This study was conducted to determine the removal of SeMet and SeCys from wastew-
aters by (granular activated carbon (GAC) and nano zerovalent iron (nZVI)) adsorption,
which have shown promise in treating inorganic selenium [34–36]. In this research, ad-
sorption kinetics and isotherms of the two adsorbents were investigated. The effects of
pH, initial adsorbate concentrations on adsorption capacities and the influence of binary
adsorption were evaluated. SeMet and SeCys were selected as probe contaminants due
to its toxicity and bioavailability in the wastewater, while the choice of adsorbents was
driven by inexpensive cost and their being environmental benign [37,38]. This is the first
study investigating the mechanism of GAC and nZVI to remove organic selenium from
industrial wastewater. The knowledge gain in this study will benefit the development of
efficient treatment processes for SeMet and SeCys using GAC and nZVI.

2. Materials and Methods
2.1. Chemicals

All chemicals employed in this study were used as received. Selenomethionine (>98%)
and selenocysteine (>98%) were purchased from TCI America. Hydrochloric acid (HCl)
(>98%), sodium hydroxide (NaOH) (>98%), nano zerovalent iron (nZVI 60–80 nm >99%)
were procured from Sigma-Aldrich Chemical Company. Granular activated carbon was
acquired from Evoqua (Pittsburgh).
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2.2. Characterization of Adsorbents

The morphological properties of the adsorbents were obtained on a scanning electron
microscope (SEM, ThermoFisher, Quanta FEG 250), as shown in Figure 1. BET surface
area and total pore volume were obtained by N2 adsorption at 77 K on a PMI Automated
Brunauer–Emmett–Teller (BET), Quantachrome ChemBet (3000 CB-SCL).
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2.3. Batch Adsorption Studies

Selenocysteine (C3H7NO2Se) and Selenomethionine (C5H11NO2Se) stock solution
were prepared separately by dissolving 0.5 g of both compounds in 100 mL of deion-
ized water. The stock solution was diluted appropriately to obtain working solutions of
various concentrations, as needed. The concentration of SeMet and SeCys in working
solutions, used for adsorbent dose studies, pH studies, initial adsorbate concentrations
and adsorption kinetics, was 5 mg/L. Table 1 illustrates the summary of experimental
conditions with respect to the adsorbents and their respective concentrations used for
evaluating adsorbent dose studies. The effect of pH on the adsorption of SeMet and SeCys
was investigated by conducting experiments with different pH conditions (4.0, 7.0 and
9.0). Batch experiments were performed using straight-wall glass jars of 150 mL volume.
A magnetic stirrer (VWR 200 model) was used to stir the solutions; the mixtures was
agitated at a constant shaking speed of 180 rpm in a temperature-controlled orbital shaker.
All experiments were conducted at ambient temperature. The initial pH of the solution
was adjusted by adding HCl or NaOH (1 M). At different time intervals, aliquots of 10 mL
samples were periodically taken and immediately filtered using 0.22 µm PTFE syringe
filter. The collected samples were acidified using 50% nitric acid for a resulting strength of
2% and stored at 4 ◦C before analysis. For statistical reliability, all the experiments were
conducted in duplicate, the samples were analyzed in triplicate and standard deviation
was used for error analysis.

Table 1. Summary of experimental conditions for adsorbent dose.

SeCys SeMet

Adsorbent Type GAC nZVI GAC nZVI

1 - 1 -
2 2 2 -

Dosage (g/L) 3 - 3 -
5 - 5 -
7 7 7 7
14 14 14 -
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2.4. Analysis and Equipment

The total Se concentration in the samples was analyzed using an inductively cou-
pled plasma optical emission spectrometer (ICP-OES) (Thermo Scientific icap 7000 series).
The limit of detection and quantitation for selenium was estimated as 0.005 and 0.01 mg/L,
respectively. The pH fluctuations in the system with time were measured with a pH digital
instrument symphony B20PI VWR. The analysis in this study did not distinguish between
the species of organic selenium. The total selenium concentration was measured and
analyzed.

2.5. Adsorption Kinetics

Adsorption kinetics were examined for an SeMet and SeCys initial concentration of
5 mg/L using nZVI and GAC adsorbent. An adsorbent loading rate of 7 g/L was used and
the adsorption capacity qe (mg/g) was calculated using the expression (Equation (1)):

qe =
Co − Ce

M
V (1)

where Co and Ce represent initial and equilibrium concentrations (mg/L), respectively;
M is the mass of the adsorbent (g); V is the volume of the solution (L). A pseudo-second-
order kinetic model was applied to the kinetic data; the mathematical expression is shown
in Equation (2):

t
qt

=
1

k2q2
e
+

t
qe

(2)

where qe and qt (mg/g) represent the amount of adsorbate adsorbed at equilibrium and time
(t), respectively; k2 is pseudo-second-order kinetic rate constant (g·mg−1min−1) and adsorp-
tion time (min). The initial adsorption rate h of the system is equal to k2q2

e (mg·g−1 min−1).
Equation (3) shows the pseudo-first-order kinetic model:

qt = qe

(
1 − e−kt

)
(3)

where k (min−1) is the rate constant; other parameters in the expression have been de-
fined above.

2.6. Adsorption Isotherm Studies

Adsorption isotherm studies were conducted with various initial concentrations (5 to
47.2 mg/L) for SeMet and SeCys. Freundlich and Langmuir isotherm models were used
to evaluate the adsorption isotherm. The Freundlich model describes the relationship
between the equilibrium concentration and the adsorption capacity. Equation (4) describes
the nonlinear Freundlich adsorption isotherm model [39]:

(Co − Ce)

M
V = K f C

1
n
e (4)

where Ce is the equilibrium concentration (mg/L), Co is the initial concentration (mg/L),
M is the mass of adsorbent (g), V is the volume of the solution (L), K f and n are Freundlich
constants. The left-hand side of the Equation can be determined from experimental data,
and it denotes the mass of adsorbate adsorbed per unit mass of adsorbent. The mathemati-
cal expression of Langmuir isotherm model [40] is given in Equation (5):

qe = qmKc
Ce

1 + KcCe
(5)

where qe is the adsorption capacity at equilibrium (mgSe/g), qm (mgSe/g) is the maximum
adsorption capacity, Kc (L/mg) defined the equilibrium adsorption constants and Ce is the
equilibrium concentration (mg/L). The Langmuir isotherm is based on the assumption

124



Water 2021, 13, 23

that adsorption can occur at a finite number of specific localized sites (monolayer) [40].
Equation (6) can be used to evaluate the Langmuir model further [41].

RL =
1

1 + KcCo
(6)

The value of RL defines the adsorption process as irreversible when (RL = 0), favor-
able (1 > RL > 0), unfavorable (RL > 1) and linear (RL = 1).

2.7. Parameter Study

The impact of various parameters, including adsorbent dose, pH and initial adsor-
bate concentration on organic selenium adsorption were evaluated. The experimental
conditions were described in Section 2.3 and are summarized in Table 1 (adsorbent dose).
The adsorbent amount of 7 g/L was chosen for all experiments based on the optimum
dose determined in the dosage studies. For the binary adsorption experiment, a solution
containing a mixture of SeMet and SeCys was used to study the effect of organic selenium
coexistence. The initial concentration of the organoselenium was 5 mg/L each.

3. Results and Discussion
3.1. Adsorption of Organic Selenium by nZVI and GAC

The batch experiments result for the adsorption of organic selenium species (SeMet
and SeCys) using 7 g/L of nZVI and GAC are presented in Figure 2. As shown, the re-
moval of SeCys and SeMet by GAC is more effective than nZVI. After 3 h of adsorption
experiments, it was observed that 96% of SeCys and 86.76% of SeMet was removed from
water by activated carbon, while 39.44% of SeCys and less than 1.05% of SeMet was trans-
ferred to nZVI from the aqueous phase. Physisorption and chemisorption are the two
major mechanisms for activated carbon adsorption. The former is caused by relatively
weak van der Waals forces formed between the adsorbates and activated carbon’s surface.
In contrast, the latter is driven by a chemical reaction between the adsorbate molecules and
the adsorbent surface [42].
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Figure 2. Comparison of organic selenium removal using 7 g/L of GAC and nZVI, pH 7.0, at 25 ◦C
for 3 h period.
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Conversely, the elemental iron (nZVI) removal mechanism for organic selenium
(selenoyanate) is driven by a corrosion process, which removes the dense oxide layer
and activates Fe(0) [31]. Meng [31] demonstrated that, when Fe(0) is mixed in water in
the presence of dissolved oxygen (DO), Fe(0) is oxidized to ferrous ions. The oxidation
process will give rise to ferric ions, which subsequently form loose ferric hydroxide in
water. This phenomenon is referred to as the Fe(0) adsorption process [34], and it describes
the nZVI removal mechanism of selenocyanates. In light of selenocyanate being an organic
selenium compound and has similar characteristics, such as SeMet and SeCys, it is expected
that a similar removal process may be applicable.

In comparison, GAC has better performance and can be attributed to the following
reasons—(1) activated carbon possesses a microporous structure, which can lead to large
active surface area (~1000 m2/g) [43], with BET pore volume 0.500 (cm3/g), and average
pore width 2.138 (nm). The second reason is that activated carbon-oxygen surface func-
tional groups (e.g., carboxylic and phenolic groups) can react with SeCys and SeMet to
form chemical bonds. SeMet and SeCys are known to contain amino and a carboxylic
acid; the functional groups can create hydrogen-bonding with activated carbon surface
oxygen [44,45]. Additionally, selenium has an electronegativity similar to sulfur and is
capable of forming strong hydrogen bonds identical to sulfur and oxygen [46].

On the other hand, nZVI adsorption was weak; it can be ascribed to the limited
number of active sites. The surface area is much smaller than GAC, usually less than
100 m2/g [47,48]. The adsorption of SeCys and SeMet on metals has not been reported in
the literature. However, the mechanism can possibly be understood through the published
studies on the interaction between metals, cysteine and methionine. Selenocysteine is
an analogue of cysteine with selenium in place of the sulfur, while selenomethionine is
analogue of methionine with selenium in place of the sulfur. Therefore, it is expected
that the contaminants would have similar behavior and interactions with iron. Generally,
the first steps in the adsorption of cysteine or methionine on an iron surface involve the
replacement of one or more water molecules adsorbed at the iron surfaces, followed by
the formation of iron-cysteine/methionine complexes, as shown in Equations (7)–(9) [49].
It is reported that cysteine can bond to the metal surface through sulfur, two oxygen,
and a nitrogen atom in a four-point ”quadrangular footprint”, while methionine adsorbs
on the surface with two oxygen and a nitrogen atom in a ”triangular footprint” [50].
The sulfur atom within the methionine molecule does not interact with the metal surface.
The reaction between the sulfur atom and the metal substrate can form a strong bond [50,51],
indicating that cysteine’s adsorption is stronger than methionine. Similar to methionine,
the selenium atom in SeMet is not expected to react with iron’s surface, hence no strong
bond; which explains the weak adsorption of SeMet on the surface of iron compared to
selenocysteine.

Cystein/methione(sol) + xH2O(ads) → Cystein/methione (ads) + xH2O(sol) (7)

Fe → Fe2+ + 2e (8)

Fe2+ + Cystein/methione (ads) → [Fe − Cystein/methione]2+(ads) (9)

3.2. Adsorbent Dosage

Figure 3 presents the result of the adsorbent amount study on the uptake of SeMet and
SeCys by GAC and nZVI with an initial concentration of 5 mg/L at pH 7.0. The removal
percentage of organoselenium increased with an increase in the dose of GAC and nZVI.
As shown in Figure 3, the effect of adsorbent dose on the organic selenium removal was
more significant at the lower adsorbent loadings. Approximately 86.3% of SeCys and 57.1%
of SeMet were removed by 1.0 g/L of GAC in 3 h. While 12.2% of SeCys was removed by
nZVI within the same time frame. About 72.6% and 90% of SeMet was swiftly removed
when the GAC dose was increased from 2 to 14 g/L, respectively. While 93% and 97.9%
of SeCys were adsorbed from the solution with the same GAC loading. About 39.4% and
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56.6% of SeCys were adsorbed by 7 and 14 g/L of nZVI, respectively. The increase in
the adsorption capacity of the adsorbent candidates (GAC and nZVI) is attributed to the
availability of greater surface area that drives an increase in the number of active adsorption
sites; therefore, resulting in a higher removal rate [35,38]. In contrast to nZVI adsorption,
an optimum dose of 7 g/L of GAC significantly adsorbed both contaminants.
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Figure 3. Effect of adsorbent dosage on organic selenium removal, by GAC and nZVI (initial concen-
tration of 5 mg/L, pH 7.0, at 25 ◦C).

3.3. Effect of pH

Figure 4 depicts the results of experiments conducted to determine the pH influence
on organic selenium adsorption by GAC and nZVI. The solutions pH level was measured
at pH 4.0, 7.0 and 9.0 during mixing for 3 h. As shown in Figure 4, the amount of SeMet and
SeCys adsorbed onto GAC for acidic, neutral and alkaline pH was significant. The removal
efficiency of SeCys by GAC occurred in the order of 94.7%, 96.1% and 96.8% for pH 4.0,
7.0 and 9.0, respectively. The acidic condition was observed to be slightly less favorable
for the adsorption of SeMet by GAC, corresponding to 80.3% removal. The removal of
SeMet at pH 7.0 and 9.0 solution was 86.7% and 86.6%, respectively. SeCys and SeMet
are zwitterions, containing both amino groups and carboxyl groups. The isoelectric point
(Ip) for SeMet and SeCys are 5.75 and 5.54, respectively [51,52]. Increasing the pH from
4.0 to 9.0 would change the net charge of SeCys and SeMet solution from positive to
negative and also influence the surface charge of activated carbon, leading to different
electrostatic interactions between SeCys and SeMet molecules and activated carbon. In this
study, the investigated pHs insignificantly impacted the adsorption of the two organic
selenium compounds by GAC, indicating that the adsorption of SeCys and SeMet by
GAC was not dominated by electrostatic force. The adsorption of SeCys and SeMet could
potentially occur as a result of the hydrogen bonding or the hydrophobic interaction that
exists between the hydrophobic part of SeCys and SeMet molecules and the hydrophobic
part of the adsorbent, which have been reported as mechanisms for the adsorption of amino
acids on the surface of activated carbon [53].
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Figure 4. Effect of pH on SeMet and SeCys adsorption by GAC and nZVI, (initial concentration
5 mg/L, 7 g/L, pH 4.0, 7.0 and 9.0, at 25 ◦C).

On the other hand, the removal of SeCys and SeMet by nZVI decreased remarkably
with increasing pH, as shown in Figure 4. The percentages of SeCys adsorbed on nZVI
under different pHs are 57.8% for pH 4.0, 39.4% for pH 7.0 and 23.7% for pH 9.0. SeMet
removal rate decreased from 4.9% to less than 1% when pH was increased from 4.0 to
9.0, indicating a negative effect of an increase in pH condition. Similar findings have
been reported on selenocyanate adsorption (an organic selenium species) by nZVI [31].
Meng et al. [31] demonstrated that selenocyanate’s removal rate increased from 50% to
97% when pH was decreased from 8.5 to 5.5.

3.4. Effect of Initial Concentration

GAC performance in treating water containing different concentrations of SeMet and
SeCys at pH 7.0 is presented in Figure 5. For SeMet, 4.9 mg/L and 46.8 mg/L of initial
concentration were evaluated, while SeCys, 3.8 and 38 mg/L of initial concentration were
examined. Both forms of organoselenium were adsorbed continuously as a function of time
until equilibrium was reached. However, SeMet appears to have some desorption after 1 h,
which was typical in both concentrations (4.9 and 46.8 mg/L). The pseudo-second-order
kinetic model adequately describes the data depicted in Table 2. The correlation coefficients
(R2) value was evaluated between 0.999–1.000 (Table 2). As illustrated in Table 2, the rate
constant is between 2.50 to 1.80 for SeMet Co (4.9 and 46.8 mg/L) and 1.30 to 0.25 for
SeCys Co (3.8 and 38 mg/L), respectively. The result demonstrates that the rate constant
(K2) decreased with an increase in SeMet and SeCys concentration. When the initial
concentration is increased, the solution takes more time to attain equilibrium. The decrease
in K2, with respect to an increase in the initial concentration, can be attributed to a longer
duration that is required for the solution to attain equilibrium; a similar phenomenon has
been reported in the literature [54,55].
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Figure 5. Effect of initial concentration by GAC: (a) SeMet (Co: 46.8 and 4.9 mg/L); (b) SeCys (Co: 38 and 3.8 mg/L);
all experiments were conducted at pH 7.0, 7 g/L and 25 ◦C.

Table 2. Experimental data for adsorbate initial concentration studies with GAC adsorbent, at pH 7.0.

SeMet SeCys

Co (mg/L) 4.9 46.8 3.8 38
qe (mg·g−1) 1.32 10.54 1.23 11.40

K2 (g·mg−1·min−1) 2.50 1.80 1.30 0.25
R2 1.000 0.999 1.000 1.000

Furthermore, the experimental data also show that qe increases with higher Co, the in-
crement was significant about eight times higher as the initial concentrations of SeMet and
SeCys were varied. It can be deduced that the increase in Co provides the driving force to
overcome the mass transfer resistance between the adsorbate and solid phases [56]. It was
observed that GAC completely removed 3.8 mg/L of SeCys in 30 min, while the initial con-
centration of 38 mg/L was reduced to 4.2 mg/L in 3 h. About 30.7 and 3.6 mg/L of SeMet
were adsorbed from the initial concentration of 46.8 and 4.9 mg/L, respectively. An upsurge
in adsorption capacity as a result of an increase in adsorbate initial concentration has been
reported by Aksu [57] and Al-Ghouti [58].

3.5. Adsorption Isotherm

The adsorption data for GAC were evaluated using Langmuir and Freundlich isotherm
models. The results of both Langmuir and Freundlich models for SeMet and SeCys
adsorption are summarized in Table 3. Freundlich and Langmuir models fitted well with
the experimental data (R2 > 0.950). Figure 6a shows that the Freundlich model provided
a better fit for SeMet adsorption data compared to the Langmuir model. The correlation
coefficient (R2 > 0.996) was higher for the Freundlich model, suggesting that the adsorption
of SeMet might occur in multilayers. The parameter K f of the Freundlich model was
calculated to be 1.85, which is related to the adsorption capacity. As reflected in Table 3,
the constant n, representing the adsorption intensity, was equal to 1.55, indicating pseudo
linear adsorption [59].
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Table 3. Adsorption isotherm parameters for organoselenium by GAC.

Langmuir Model Freundlich Model

qm (mg/g) Kc (L/mg) R2 Kf n R2

SeMet 18.9 0.10 0.967 1.85 1.55 0.996
SeCys 10.0 0.32 0.999 2.52 2.14 0.950
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Figure 6. Organic selenium adsorption isotherms by GAC, pH 7.0, at 25 ◦C. (a) SeMet; (b) SeCys. The solid lines represent
model fits; inset shows a linearization fit.

On the other hand, SeCys adsorption by GAC with corresponding Langmuir plots is
presented in Figure 6b. Freundlich isotherm was also used to normalize the adsorption data.
As stated in Table 3, the isotherm data fitted better with the Langmuir model (higher coeffi-
cients of determination R2 = 0.990) in contrast to the Freundlich model, suggesting that
the adsorption of SeCys is monolayer and it occurred at localized sites [53,57]. The max-
imum uptake capacity for the Langmuir parameter qm is 10 mg/g. The dimensionless
constant RL = 0.082, an indication that SeCys adsorption process can be considered as
favorable [41].

3.6. Adsorption Kinetics

Figure 7a shows the time-dependent data of SeMet and SeCys adsorption by GAC.
As shown in the results (Figure 7a), the equilibrium time for SeMet was 20 min, while SeCys
took longer than 50 min to achieve equilibrium, indicating that the SeCys adsorption pro-
cess was progressive. The pseudo-second-order (PSO) kinetics model (inset of Figure 6a)
was used to investigate the adsorption kinetics, the rate constant (k2) values and the maxi-
mum adsorption capacity (qe) for SeMet and SeCys, as presented in Table 4. The correlation
coefficients (R2 > 0.999) suggest that the PSO model was a good fit for the adsorbents tested.
However, when parameter h, which accounts for the initial adsorption rate, was calculated,
the value shows that SeCys adsorption was faster than SeMet adsorption (h value of SeMet
is about 33% less than SeCys).
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Figure 7. (a) Organic selenium adsorption kinetics using 7 g/L of GAC. (b) SeCys adsorption kinetics using 7 g/L of nZVI.
All experiments were conducted at pH 7.0, 25 ◦C with an initial concentration of 5 mg/L.

Table 4. Kinetic parameters of pseudo-second-order models for SeMet and SeCys adsorption.

Kinetic Parameter pH
SeMet SeCys

GAC nZVI GAC

qe (mg·g−1)

7

0.61 0.59 0.70
k2 (g·mg−1·min−1) 24 0.012 28

R2 1.000 0.998 0.999
h (mg·g−1·min−1) 8.81 0.004 13.27

The adsorption kinetics of SeCys by nZVI are depicted in Figure 7b. The experiment
was performed for 54 h to allow enough time for equilibrium. However, equilibrium
was not achieved because the adsorption process was very slow (Table 4). The pseudo-
second-order kinetics model showed a good fit for SeCys adsorption data (R2 > 0.998).
Contrary to GAC adsorption, nZVI removal efficiency was found to increase slowly until
a final adsorption efficiency of 85% was achieved. Overall, GAC kinetics was very swift
compared to nZVI, which can be explained as an outcome of a more significant adsorption
site [43].

3.7. Binary Adsorption of SeMet and SeCys

The effect of the coexistence of SeMet and SeCys on wastewaters was investigated
using 7 g/L of GAC and nZVI. The initial concentration of organic selenium in the mixture
was 10 mg/L (comprising 5 mg/L of SeMet and SeCys each), and the pH of the solution
was 7.0. The result presented in Figure 8 shows that GAC and nZVI removed 8.9 mg/L and
1.5 mg/L of Se from the mixture of SeMet and SeCys, respectively, in 3 h. On an individual
basis, GAC removed 4.8 mg/L of Se from SeCys solution and 4.3 mg/L of Se from SeMet
solution. While nZVI adsorbed 1.9 mg/L of Se from SeCys and 0.1 mg/L of Se from
SeMet. The result shows that the total Se removed by GAC from the mixture of SeMet and
SeCys solution was lower compared to the sum of Se adsorbed in a single solute system.
This phenomenon is an indication of competition between different molecules for available
adsorption sites on GAC surface [60,61]. Conversely, the adsorption of SeMet by nZVI in
a single solute system was very weak, indicating that the competing effect for active sites
on the surface of nZVI was negligible. The inhibition effect of SeMet on the adsorption of
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SeCys by GAC and nZVI can possibly occur as a result of the interaction between SeCys
and SeMet in the binary system. Organic selenium speciation was not determined in this
study; hence, the selenium species removed from the mixture was unknown.
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7 g/L at pH 7.0 and 25 ◦C.

4. Conclusions

The adsorption of SeMet and SeCys by GAC and nZVI under various conditions—
different pHs, adsorbate initial concentration, adsorbent dosage, and binary adsorption
were investigated. GAC demonstrated a higher affinity towards the removal of SeMet and
SeCys, and was, therefore, considered a better adsorbent candidate. An optimum dose of
7 g/L of GAC was found to remove both contaminants effectively. Change in pH had no
significant impact on SeCys removal by GAC; nevertheless, more than 93.99% removal
was achieved at all pH tested. In the case of nZVI, pH change substantially influenced
the adsorption capacity—at pH 4.0, about 57.8% of SeCys was removed. An increase
in adsorption capacity with a decrease in pH value was observed for SeMet removal by
nZVI. SeCys adsorbed more readily into nZVI compared to SeMet—for all conditions
evaluated, SeMet removal by nZVI was less than 5%. The pseudo-second-order kinetics
model characterized the adsorption of organoselenium by both adsorbents. The fastest
adsorption kinetics was observed with GAC under neutral pH, where an instantaneous
removal of organic selenium was observed. Binary adsorption of SeCys and SeMet indicates
an inhibitory effect on SeCys removal by SeMet. The adsorption data fitted well with both
Langmuir and Freundlich isotherm models.
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Abstract: The technology of wastewater treatment involving removal of heavy metals using complex
metal hydroxides is reported. In this study, complex nickel-aluminum (NA11 and NA12) and
nickel-aluminum-zirconium (NAZ1 and NAZ2) hydroxides were prepared for the removal of arsenite
ions, As(III), from aqueous solution. The characteristics of each adsorbent were evaluated, and the
adsorption capacity and adsorption mechanism were determined. The adsorption capacity of As(III)
on NAZ1 (15.3 mg g−1) was greater than that on NA11 (9.3 mg g−1). Coverage is directly related
to the specific surface area with a correlation coefficient of 0.921. Ion exchange involving sulfate
ions in the interlayer of the adsorbent also plays a role in the mechanism of As(III) adsorption as
demonstrated by correlation coefficients of 0.797 and 0.944 for the NA11 and NAZ1, respectively.
The results demonstrate the usefulness of NAZ1 in removing As(III) from aqueous media.

Keywords: complex nickel-aluminum-zirconium hydroxide; arsenic ion; adsorption

1. Introduction

The United Nations has adopted 17 goals as part of its 2030 agenda to develop a sustainable
future for all. Issues of clean water and sanitation (Goal No. 6) and undersea water (Goal No. 14) are
particularly relevant to the development of an acceptable global water environment [1]. Heavy metals
and their compounds are useful in many areas of human endeavor [2]. However, their excessive use
leads to an increasing presence in aqueous environments [3]. Arsenic (As) pollution in aquatic systems
is a global issue owing to its high toxicity and chronic effects on human health [4,5]. Arsenic pollution
in drinking water is a major concern in developing countries. Previous studies have identified a
relationship between arsenic exposure and diseases such as asthma and hyperglycemia [6,7]. Arsenic
and inorganic arsenic compounds are classified as Group 1 human carcinogens by the International
Agency for Research on Cancer [8]. The World Health Organization has established 0.01 mg L−1 as the
maximum permissible arsenic content in potable water to protect human health [9]. The predominant
forms of inorganic arsenic in aquatic systems are As(V) (arsenate) and As(III) (arsenite). Arsenic is a
ubiquitous element, occurring from natural sources (such as wearing of arsenic bearing minerals and
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volcanic eruptions) and anthropogenic activities (such as mining, glassware production, dyes, drugs,
and pesticide industries) [10–12]. As(III) is highly toxic, soluble, and mobile compared to As(V) [13,14].
Therefore, there is a need for simple, efficient, and inexpensive techniques to remove As(III) from
aquatic systems.

Adsorption techniques using a variety of materials have been shown to be superior to conventional
techniques such as precipitation, reverse osmosis, filtration, and biological treatment for As(III)
removal [2,15]. Complex metal hydroxides are useful adsorbents for the removal of heavy metals
from aqueous systems [16,17]. A complex metal hydroxide, or layered double hydroxide, contains
divalent and trivalent cations at the octahedral positions of brucite-like layers. Anions are incorporated
in the interlayer region for charge neutrality [18,19]. Multi-metal hydroxides exhibit substantially
different physicochemical characteristics than their single-metal counter parts. Their properties depend
on the identities and molar ratios of the constituent metals [20]. Many researchers have reported
As(III) removal using adsorbents such as a Mn-oxide-doped Al oxide [15], an iron-zirconium binary
oxide [13], a calcined Mg-Fe-La hydrotalcite-like compound [21], a nickel-aluminum hydroxide [16],
and an Fe-Mg type hydrotalcite [17].

Incorporation of zirconium (Zr4+) into a complex metal hydroxide such as a Mg-Al-layered double
hydroxide has recently been examined [22,23]. Incorporation increases the charge in the metal layer and
promises to be an attractive means of generating unique physicochemical properties. Positively charged
brucite-like sheets have been prepared containing Zr4+, which randomly occupies the octahedral holes
in a close-packed configuration of hydroxide ions [22]. Adsorption of phosphate ion from aqueous
media using the Zr4+-containing complex metal hydroxide has been reported [22,23]. However, there
have been no reports regarding As(III) adsorption from aqueous media. Arsenic as As(V) (arsenate)
or As(III) (arsenite) adopts chemical forms similar to those of phosphorus as P(V) (phosphate) or
P(III) (phosphite). We previously reported that nickel-aluminum-zirconium hydroxide is useful in
the removal of phosphate ions from an aqueous phase [24]. This paper focuses on the relationship
between As(III) adsorption and the complex nickel-aluminum and nickel-aluminum-zirconium
hydroxides. The objectives of this work are to determine the physicochemical characteristics of
complex nickel-aluminum and nickel-aluminum-zirconium hydroxides as a function of composition,
to evaluate their ability to adsorb As(III) from aqueous media, and to investigate the mechanism of
As(III) adsorption.

2. Materials and Methods

2.1. Materials and Chemicals

Nickel-aluminum and nickel-aluminum-zirconium hydroxides of different compositions were
obtained from Kansai Catalyst Co., Ltd., Japan. Nickel-to-aluminum molar ratios of 1 and 0.5 are
designated as NA11 and NA12, respectively. Nickel:aluminum:zirconium molar ratios of 0.9:1.0:0.09
and 0.9:0.2:0.09 are denoted as NAZ1 and NAZ2, respectively. Sulfate was included as an exchangeable
anion in the interlayer of NA and NAZ. These materials were synthesized by the following method.
Nickel(II) sulfate hexahydrate, aluminum sulfate octahydrate, and zirconium(IV) sulfate tetrahydrate
were mixed with distilled water (230 g) at heating. The reaction mixture was added to the distilled water
(400 g) at pH 9.0 for 800 rpm at 25 ◦C. The solution pH was adjusted using a 25% sodium hydroxide
solution. After mixing for 2 h, the suspension was filtered, washed, and dried at 110 ◦C for 12 h.
Arsenic(III) standard solution (As(III), As2O3 and NaOH in water pH 5.0 with HCl), hydrochloric acid,
and sodium hydroxide were purchased from FUJIFILM Wako Pure Chemical Co., Japan. The purity
grade of all reagents was special grade and the quality of water (resistivity) was 18.2 MΩ·cm at 25 ◦C.

2.2. Physicochemical Properties of Adsorbents

The NA11, NA12, NAZ1, and NAZ2 adsorbents were characterized as follows. The morphologies
and crystallinities of the adsorbents were determined by scanning electron microscopy with an SU1510
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instrument (Hitachi High-technologies Co., Tokyo, Japan) and a Mini Flex II X-ray diffraction analyzer
(Rigaku Co., Tokyo, Japan), respectively. The surface area was determined by a specific surface analyzer
N42-25E (Quantachrome Instruments Japan G.K., Kanagawa, Japan). Surface hydroxyl groups were
assayed using the fluoride-ion adsorption method [25]. Briefly, the adsorbent (0.125 g) was mixed with
a 0.01 mol L−1 NaF solution (50 mL) at pH 4.6. The solution pH was adjusted by 0.2 mol L−1 acetic acid
solution and 0.2 mol L−1 acetate buffer solution. The reaction mixture was shaken for 24 h at 100 rpm
and 25 ◦C and filtered through a 0.45-µm membrane filter. The concentration of fluoride ion before and
after adsorption was measured using absorption spectrophotometry (DR890, HACH, Loveland, CO,
USA). The amount of fluoride ion adsorbed was calculated (the ratio of the concentration of fluoride
ion and the concentration of hydroxyl group is 1:1). The surface pH of the adsorbent was measured as
follows. A 0.1-g quantity of adsorbent was added to 50 mL distilled water at pH 7.0. The suspension
was shaken for 2 h at 100 rpm and 25 ◦C and filtered through a 0.45-µm membrane filter. The solution
pH was measured with a digital pH meter (F-73, Horiba, Ltd., Kyoto, Japan) [26].

2.3. Adsorption Experiments

NA11, NA12, NAZ1, and NAZ2 in 0.1-g quantities were mixed with 50 mL of 100 mg L−1 As(III)
solution to determine the extent of As(III) adsorption. Mixtures were shaken for 24 h at 100 rpm and
filtered through a 0.45-µm membrane filter. The As(III) concentration of the filtrate was measured
by inductively coupled plasma optical emission spectrometry using an iCAP 7600 Duo instrument
(ICP-OES, Thermo Fisher Scientific Inc., Kanagawa, Japan). The quantity of As(III) adsorbed was
calculated from the difference in As(III) concentration before and after adsorption. To examine the
effect of contact time, 0.1-g quantities of NA11 and NAZ1 were mixed with 50 mL of a 100 mg L−1

As(III) solution and shaken for 0.5, 1, 3, 6, 9, 12, 16, 20, and 24 h at 100 rpm and 25 ◦C. The effect of pH
was studied by mixing the same adsorbents with 50 mL of 100 mg L−1 As(III) and adjusting the solution
pH from 2 to 10 using hydrochloric acid or sodium hydroxide. The same adsorbents were mixed with
50 mL of 1, 10, 30, 50, 70, and 100 mg L−1 As(III) solutions to study the effect of concentration. These
solutions also were shaken for 24 h at 100 rpm and 25 ◦C. The quantity of sulfate ion released from
adsorbent was measured to elucidate the adsorption mechanism of As(III).

Sulfate ion concentration was determined by ion chromatography using a DIONEX ICS-900
instrument (Thermo Fisher Scientific Inc., Tokyo, Japan), an IonPac AS12A system (4 × 200 mm, Thermo
Fisher Scientific Inc., Tokyo, Japan), and an AMMS 300 (4 mm, Thermo Fisher Scientific Inc., Tokyo,
Japan) micro-membrane filter suppressor. The regenerant and mobile phase were 12.5 mmol L−1

H2SO4, and 2.7 mmol L−1 Na2CO3 + 0.3 mmol L−1 NaHCO3, respectively. The flow rate and sample
volume were 1.0 mL min−1 and 10 µL under ambient conditions. The quantity of sulfate ions released
from adsorbent were calculated using the levels before and after adsorption in Equation (1):

q = (Ce − C0)V/W, (1)

where q is the quantity of sulfate ion released (mg g−1); C0 is the concentration before adsorption
(mg L−1); Ce is the concentration after adsorption (mg L−1); V is the solvent volume (L); and W is the
weight of the adsorbent (g). Data are presented as the mean ± standard deviation from 2–3 experiments.

3. Results and Discussion

3.1. Physicochemical Properties of Adsorbents

The SEM images of each adsorbent are shown in Figure 1. The adsorbents are not perfectly
spherical in shape, but no significant differences are observed in the appearance of the adsorbents in
this study.

139



Water 2020, 12, 1697

Water 2020, 12, x FOR PEER REVIEW 4 of 11 

 

 

Figure 1. SEM images of adsorbents. 

Figure 2 contains the X-ray diffraction patterns. Peaks at (003), (006), (015), and (113) are 

observed for all adsorbents indicating that they can be indexed to the crystal structure of the complex 

metal hydroxide. Peaks (003) and (006) are attributed to basal reflections that correspond to the 

stacking of the brucite-like sheets [27]. Some NAZ peaks are comparable to those in NA, which 

indicates that Zr4+ has been successfully incorporated into the octahedral layer of the complex nickel-

aluminum hydroxide. Zirconium(IV) insertion alters the distances between metals and between the 

octahedral layers. Similar trends have been reported in previous investigations [22,23].  

 

Figure 2. XRD patterns of adsorbents. 

Some characteristics of the adsorbents are shown in Table 1. Surface pH and the number of 

hydroxyl groups of NA are higher than those of NAZ. However, the specific surface area of NAZ is 

greater than that of NA. The specific surface area of NAZ1 (51.9 m2 g−1) is greater than that of 

previously reported (Mg(AlZr)-LDHs(CO3 or Cl) = 2.2–39 m2 g−1 and Zr-MgAl = 49 m2 g−1) adsorbents, 

Figure 1. SEM images of adsorbents.

Figure 2 contains the X-ray diffraction patterns. Peaks at (003), (006), (015), and (113) are observed
for all adsorbents indicating that they can be indexed to the crystal structure of the complex metal
hydroxide. Peaks (003) and (006) are attributed to basal reflections that correspond to the stacking of
the brucite-like sheets [27]. Some NAZ peaks are comparable to those in NA, which indicates that
Zr4+ has been successfully incorporated into the octahedral layer of the complex nickel-aluminum
hydroxide. Zirconium(IV) insertion alters the distances between metals and between the octahedral
layers. Similar trends have been reported in previous investigations [22,23].
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Figure 2. XRD patterns of adsorbents.

Some characteristics of the adsorbents are shown in Table 1. Surface pH and the number of
hydroxyl groups of NA are higher than those of NAZ. However, the specific surface area of NAZ
is greater than that of NA. The specific surface area of NAZ1 (51.9 m2 g−1) is greater than that of
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previously reported (Mg(AlZr)-LDHs(CO3 or Cl) = 2.2–39 m2 g−1 and Zr-MgAl = 49 m2 g−1) adsorbents,
but not of (Zr-MgAl-HT = 154 m2 g−1) [17,18]. These results indicate that incorporation of Zr4+ into
the octahedral layer of the complex nickel-aluminum hydroxide results in an increase of the specific
surface area.

Table 1. Characteristics of adsorbents.

Adsorbents Surface pH Number of Hydroxyl Groups
(mmol g−1)

Specific Surface Area
(m2 g−1)

NA11 7.98 1.92 22.8
NA12 7.63 1.62 26.4
NAZ1 6.18 1.08 51.9
NAZ2 6.21 1.51 27.8

3.2. Adsorption Capability of As(III)

The quantities of As(III) adsorbed onto each adsorbent are shown in Figure 3. The amount
adsorbed increases as NA11 < NA12 < NAZ2 < NAZ1, which indicates that NAZ1 should be the
most useful for removal of As(III) from aqueous media. Relationships between the quantity of As(III)
adsorbed and the three parameters in Table 1 were statistically assessed. The correlation coefficients
between the amount adsorbed and the surface pH, amount of hydroxyl groups, and specific surface
area were negative 0.570, negative 0.738, and positive 0.921, respectively. Therefore, specific surface
area most strongly influences As(III) adsorption capability in solution. The surface properties of
adsorbents are very important in the interactions with As(III) in the aqueous phase. Additionally, the
effect of zirconium incorporation on the characteristic of adsorbent and adsorption capability of As(III)
was evaluated in detail. Thus, NA11 and NAZ1 were selected to evaluate As(III) adsorption in the
following experiments.
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3.3. Adsorption Kinetics

The kinetics of As(III) adsorption onto NA11 and NAZ1 were conducted at an initial concentration
of 100 mg L−1. Adsorption equilibrium was reached within 24 h under the experimental conditions
(Figure 4). It is clear that adsorption of As(III) onto NA11 and NAZ1 is complicated, because the
time to reach equilibrium would be short if the process were controlled by a single factor [21]. Thus,
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the adsorption mechanism was investigated by comparing results to both pseudo-first-order (2) and
pseudo-second-order models (3) [28,29]:

ln(qe − qt) = lnqe − k1t, (2)

t
qt

=
t
qe

+
1

k2 × qe2′ (3)

where qe and qt are the amounts of As(III) adsorbed (mg g−1) at equilibrium and given time t, and k1

and k2 are the pseudo-first-order (h−1) and pseudo-second-order (g mg−1 h−1) rate constants. Table 2
shows the results of fitting the experimental data to the pseudo-first-order (coefficient of determination
= 0.817–0.961) and pseudo-second-order (coefficient of determination = 0.978–0.992) models. The
adsorption of As(III) onto NA11 and NAZ1 appears to occur by a process of chemisorption. The value
of k2 with NAZ1 is less than that with NA11, which indicates that As(III) adsorption is favored at
NAZ1. This conclusion is supported by the result in Figure 3, which shows that a greater amount
of As(III) is adsorbed by NAZ1. Adsorption equilibrium also tends to be established more rapidly
using NA11 than NAZ1. Similar trends have been reported in previous studies [13,30]. Additionally,
a previous study pointed out the fact that more caution should be exercised in the analysis of kinetic
data [31]. Thus, the chi-square analysis (χ2) was conducted for the evaluation of kinetic models to avoid
including errors. The low value of χ2 indicates that the kinetic model fits to the experimental data [32].
The value of χ2 in the pseudo-first-order model was higher than that in the pseudo-second-order
model (Table 2), which indicates that the pseudo-second-order model is considered to be better for the
obtained data in this study.

Water 2020, 12, x FOR PEER REVIEW 6 of 11 

 

t

qt
 = 

t

qe
 + 

1

k2×qe2, (3) 

where qe and qt are the amounts of As(III) adsorbed (mg g−1) at equilibrium and given time t, and k1 

and k2 are the pseudo-first-order (h−1) and pseudo-second-order (g mg−1 h−1) rate constants. Table 2 

shows the results of fitting the experimental data to the pseudo-first-order (coefficient of 

determination = 0.817–0.961) and pseudo-second-order (coefficient of determination = 0.978–0.992) 

models. The adsorption of As(III) onto NA11 and NAZ1 appears to occur by a process of 

chemisorption. The value of k2 with NAZ1 is less than that with NA11, which indicates that As(III) 

adsorption is favored at NAZ1. This conclusion is supported by the result in Figure 3, which shows 

that a greater amount of As(III) is adsorbed by NAZ1. Adsorption equilibrium also tends to be 

established more rapidly using NA11 than NAZ1. Similar trends have been reported in previous 

studies [13,30]. Additionally, a previous study pointed out the fact that more caution should be 

exercised in the analysis of kinetic data [31]. Thus, the chi-square analysis (χ2) was conducted for the 

evaluation of kinetic models to avoid including errors. The low value of χ2 indicates that the kinetic 

model fits to the experimental data [32]. The value of χ2 in the pseudo-first-order model was higher 

than that in the pseudo-second-order model (Table 2), which indicates that the pseudo-second-order 

model is considered to be better for the obtained data in this study.  

 

Figure 4. Effect of contact time on the adsorption of As(III) using NA11 and NAZ1. Initial 

concentration 100 mg L−1, solvent volume 50 mL, adsorbent 0.1 g, contact time 0.5, 1, 3, 6, 9, 12, 16, 20, 

and 24 h, temperature 25 °C, agitation speed 100 rpm, ●: NAZ1, ○: NA11. 

Table 2. Kinetic parameters for the adsorption of As(III). 

Adsorbents qe 

Pseudo-First-Order Model Pseudo-Second-Order Model 

k1 

(h−1) 

qe 

(mg g−1) 
r2 χ2 

k2 

(g mg−1 h−1) 

qe 

(mg g−1) 
r2 χ2 

NA11 8.6 0.093 3.9 0.817 1.8 × 102 0.110 9.1 0.978 1.8 

NAZ1 14.9 6.4 6.4 0.961 2.9 × 10 0.066 15.2 0.992 1.4 

3.4. Effect of pH on the Adsorption of As(III) 

Solution pH is a critical factor in the removal of As(III) from aqueous solution. Figure 5 shows 

the effect of pH on As(III) adsorption using NA11 and NAZ1. The quantity of As(III) adsorbed tends 

to increase with increasing pH. A similar trend using zirconium oxide-ethanolamine has been 

reported in a previous study [12]. Here, solution pH tends to increase or decrease slightly after 

adsorption indicating that the surface of NA11 and NAZ1 may be useful as a neutralizing agent in 

Figure 4. Effect of contact time on the adsorption of As(III) using NA11 and NAZ1. Initial concentration
100 mg L−1, solvent volume 50 mL, adsorbent 0.1 g, contact time 0.5, 1, 3, 6, 9, 12, 16, 20, and 24 h,
temperature 25 ◦C, agitation speed 100 rpm, •: NAZ1, #: NA11.

Table 2. Kinetic parameters for the adsorption of As(III).

Adsorbents qe

Pseudo-First-Order Model Pseudo-Second-Order Model

k1
(h−1)

qe
(mg g−1) r2 χ2 k2

(g mg−1 h−1)
qe

(mg g−1) r2 χ2

NA11 8.6 0.093 3.9 0.817 1.8 × 102 0.110 9.1 0.978 1.8
NAZ1 14.9 6.4 6.4 0.961 2.9 × 10 0.066 15.2 0.992 1.4
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3.4. Effect of pH on the Adsorption of As(III)

Solution pH is a critical factor in the removal of As(III) from aqueous solution. Figure 5 shows the
effect of pH on As(III) adsorption using NA11 and NAZ1. The quantity of As(III) adsorbed tends to
increase with increasing pH. A similar trend using zirconium oxide-ethanolamine has been reported
in a previous study [12]. Here, solution pH tends to increase or decrease slightly after adsorption
indicating that the surface of NA11 and NAZ1 may be useful as a neutralizing agent in the wastewater
treatment of highly acidic or basic As(III) samples [12,33]. The pKa,1 of H3AsO3 is 9.2, which indicates
that As(III) is a neutral species at pH 9.2. At pH > 9.2, anionic forms of As(III) are produced that
undergo ion exchange with sulfate ion from NA11 and NAZ11 under the experimental conditions (see
Section 3.5).
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100 mg L−1, solvent volume 50 mL, adsorbent 0.1 g, pH 2, 4, 6, 8, and 10, contact time 24 h, temperature
25 ◦C, agitation speed 100 rpm.

3.5. As(III) Adsorption Isotherms

Figure 6 displays adsorption isotherms of As(III) at different temperatures. The data provide
considerable insight to the adsorptive behavior of NA11 and NAZ1 towards As(III) in aqueous
solution. The quantities of As(III) adsorbed increase with increasing temperatures (10 < 25 < 45 ◦C),
which indicates that chemisorption is involved in the adsorption of As(III) on NA11 and NAZ1.
The solution pH was 5.5–6.4 and 5.9–6.2 for NA11 and NAZ1 in all experimental temperatures. Thus,
the predominant form of As(III) was not affected by the temperature under our experimental conditions.

Langmuir and Freundlich models were applied to provide a more quantitative description of the
relationship between the quantity of As(III) adsorbed and the solute concentration. The Langmuir
model is described by Equation (4) [34]:

1/q = 1/(WsaCe) + 1/Ws, (4)

where q is the quantity of As(III) adsorbed (mg g−1), Ws is the maximum amount of As(III) adsorbed
(mg g−1), a is the Langmuir isotherm constant (binding energy) (L mg−1), and Ce is the equilibrium
concentration (mg L−1). The Langmuir isotherm is applicable to monolayer coverage by the adsorbate.
The Freundlich model is described by Equation (5) [35]:

log q =
1
n

log C + log k, (5)
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where k and 1/n are the adsorption capacity and strength of adsorption, respectively. The Freundlich
model describes systems where the surface of the adsorbent is heterogeneous and has sites of different
energy [13]. Table 3 shows that the Freundlich model (≥0.970) provides better correlation than the
Langmuir model (≥0.965) except for NAZ1 at 25 ◦C. Previous studies have reported similar behavior
using Fe-based backwashing sludge and polymer adsorbents [33,36]. The maximum adsorption
capacity (Ws) of As(III) increases from 10 ◦C to 45 ◦C. It is worth noting that in the experimental
conditions used, equilibrium data (Figure 6) suggest that the plateau for maximum adsorption was
not reached. The maximum adsorbed amounts calculated in the Langmuir fitting, however, are lower
than some values measured experimentally, which may be due to the use of a linearized equation
(Equation (4)) to mathematically model the results. This indicates that the adsorption of As(III) on
NA11 and NAZ1 is an endothermic process, which was supported by the results in Figure 6. In the
Freundlich model, n is the heterogeneity factor. Therefore, when 1/n = 0.1–0.5, adsorption occurs easily,
and when 1/n > 2, adsorption is difficult [37]. The values of 1/n = 0.13−0.97 obtained in this study
indicate that As(III) adsorption onto NA11 and NAZ1 is favored in aqueous solution.
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Figure 6. Effect of temperature on the adsorption of As(III) using NA11 (A) and NAZ1 (B). Initial
concentration 1, 10, 30, 50, 70, and100 mg L−1, solvent volume 50 mL, adsorbent 0.1 g, contact time 24 h,
pH 5.5-6.4 and 5.9-6.2 for NA11 and NAZ1, temperature 10 (•), 25 (•), and 45 ◦C (•), agitation speed
100 rpm.

Table 3. Langmuir and Freundlich constants for the adsorption of As(III).

Adsorbents
Temperature

(◦C)

Langmuir Constants Freundlich Constants

Ws
(mg g−1)

a
(L mg−1) r2 logk 1/n r2

NA11
10 6.1 0.02 0.965 −0.1 0.91 0.970
25 9.3 0.04 0.982 −0.1 0.56 0.991
45 15.4 0.006 0.989 −1.4 0.13 0.996

NAZ1
10 6.3 0.09 0.996 −0.3 0.70 0.989
25 15.3 0.01 0.935 −0.4 0.97 0.768
45 16.6 0.10 0.977 0.29 0.54 0.999

In this study, sulfate ions are present in the interlayer of the NA11 and NAZ1 absorbents. Figure 7
shows the relationship between the amount of As(III) adsorbed and the amount of sulfate ion released
from NA11 and NAZ1. The correlation coefficients for release from NA11 and NAZ1 are 0.797 and
0.944, respectively. The results indicate that the release of sulfate from NA11 and NAZ1 by ion exchange
has a role in the adsorption mechanism of As(III).
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Figure 7. Relationship between amount of As(III) adsorbed and amount of sulfate ion released using
NA11 (A) and NAZ1 (B). Initial concentration 1, 10, 30, 50, 70, and100 mg L−1, solvent volume 50 mL,
adsorbent 0.1 g, pH 10, contact time 24 h, temperature 25 ◦C, agitation speed 100 rpm.

3.6. Comparison of Adsorption Capability of As(III)

Table 4 summarizes comparisons of As(III) adsorption capability of NA11 and NAZ1 with other
reported adsorbents [38–41]. The NAZ1 exhibited a good potential to be used for removal of As(III)
from aqueous media compared to other reported adsorbents (except for drinking-water treatment
residuals (WTRs)). From these comparisons, NAZ1 is expected to be employed in a commercial process
in the future for As(III) adsorption.

Table 4. Comparison of As(III) adsorption capacity of NA11 and NAZ1 with other reported adsorbents.

Adsorbents
Adsorption
Capability

(mg/g)
pH Temp.

(◦C)

Initial
Concentration

(mg/L)

Contact Time
(h)

Adsorbent
(g/L) Ref.

ZrPACM-43 0.8 <5 50 100 2 13 [3]

Al-HDTMA-sericite 0.433 4.5 - 2 Approximately
6.7 1 [38]

Iron
hydroxide-coated

alumina
9.0 6.6 20 × 0.5 7.5−135 48 1–25 [39]

Silica gel
impregnated with
ferric hydroxide

4.5 7.0 20–23 1 15 - [40]

WTRs 15 6.0–6.5 23 375–3000 48 25–200 [41]
NA11 9.3 5.5–6.4 25 100 24 2 This study
NAZ1 15.3 5.9–6.2 25 100 24 2 This study

4. Conclusions

The complex metal hydroxides NA11 and NAZ1 were prepared to study As(III) removal from
aqueous media. The specific surface area of NAZ1 (51.9 m2 g−1) was greater than that of NA11
(22.8 m2 g−1). The quantity of As(III) adsorbed onto NAZ1 (15.3 mg g−1) was also greater than that
adsorbed onto NA11 (9.3 mg g−1). The correlation coefficient between the quantity adsorbed and the
specific surface area was 0.921. The adsorption kinetics followed the pseudo-second-order model
(coefficient of determination using NA11 and NAZ1 was 0.978 and 0.992, respectively). Adsorption
isotherms data established that As(III) adsorption was an endothermic process. Ion exchange with
sulfate ions in the interlayer of the adsorbent was also involved in the As(III) adsorption mechanism.
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27. Türk, T.; Alp, İ. Arsenic removal from aqueous solutions with Fe-hydrotalcite supported magnetite
nanoparticle. J. Ind. Eng. Chem. 2014, 20, 732–738. [CrossRef]

28. Lagergren, S. Zur theorie der sogenannten adsorption geloster stoffie, Kunglia Svenska Vetenskapsakademiens.
Handlingar 1898, 24, 1–39.

29. Ho, Y.S.; McKay, G. Pseudo-second order model for sorption process. Pro Biochem. 1999, 34, 451–465.
[CrossRef]

30. Raven, K.P.; Jain, A.; Loeppert, R.H. Arsenite and arsenate adsorption on ferrihydrite: Kinetics, equilibrium,
and adsorption evelopes. Environ. Sci. Technol. 1998, 32, 344–349. [CrossRef]

31. Simonin, J.P. On the comparison of pseudo-first order and pseudo-second order rate laws in the modeling of
adsorption kinetics. Chem. Eng. J. 2016, 300, 254–263. [CrossRef]

32. Ho, Y.S. Selection of optimum sorption isotherm. Carbon 2004, 42, 2115–2116. [CrossRef]
33. Wu, K.; Liu, R.; Li, T.; Liu, H.; Peng, J.; Qu, J. Removal of arsenic(III) from aqueous solution using a low-cost

by-product in Fe-removal plants-Fe-based backwashing sludge. Chem. Eng. J. 2013, 226, 292–401. [CrossRef]
34. Langmuir, I. The constitution and fundamental properties of solids and liquids. J. Am. Chem. Soc. 1916, 38,

2221–2295. [CrossRef]
35. Freundlich, H.M.T. Over the adsorption in solution. J. Phys. Chem. 1906, 57, 385–471.
36. Li, H.T.; Xu, M.C.; Shi, Q.; He, B.L. Isotherm analysis of phenol adsorption on polymeric adsorbents from

nanoaqueous solution. J. Colloid. Interf. Sci. 2004, 271, 47–54. [CrossRef]
37. Abe, I.; Hayashi, K.; Kitagawa, M. Studies on the adsorption of surfactants on activated carbons. I. Adsorption

of nonionic surfactants. Yukagaku 1976, 25, 145–150.
38. Tiwari, D.; Lee, S.M. Novel hybrid materials in the remediation of ground waters contaminated with As(III)

and As(V). Chem. Eng. J. 2012, 204-206, 23–31. [CrossRef]
39. Hlavay, J.; Polyak, K. Determination of surface properties of iron hydroxide-coated alumina adsorbent

prepared for removal of arsenic from drinking water. J. Colloid Interf. Sci. 2005, 284, 71–77. [CrossRef]
40. Yoshida, I.; Kobayashi, H.; Ueno, K. Selective adsorption of arsenic ions on silica gel impregnated with ferric

hydroxide. Anal. Lett. 1976, 9, 1125–1133. [CrossRef]
41. Makris, K.C.; Sarkar, D.; Datta, R. Evaluating a drinking-water waste by-product as a novel sorbent for

arsenic. Chemosphere 2006, 64, 730–741. [CrossRef]

© 2020 by the authors. Licensee MDPI, Basel, Switzerland. This article is an open access
article distributed under the terms and conditions of the Creative Commons Attribution
(CC BY) license (http://creativecommons.org/licenses/by/4.0/).

147





water

Article

Uptake and Recovery of Gold from Simulated
Hydrometallurgical Liquors by Adsorption on Pine
Bark Tannin Resin

Maria Beatriz Q. L. F. Torrinha, Hugo A. M. Bacelo, Sílvia C. R. Santos * , Rui A. R. Boaventura
and Cidália M. S. Botelho

Laboratory of Separation and Reaction Engineering—Laboratory of Catalysis and Materials (LSRE-LCM),
Chemical Engineering Department, Faculdade de Engenharia da Universidade do Porto, Rua Dr. Roberto Frias,
4200-465 Porto, Portugal; up201305818@fe.up.pt (M.B.Q.L.F.T.); up201204895@fe.up.pt (H.A.M.B.);
bventura@fe.up.pt (R.A.R.B.); cbotelho@fe.up.pt (C.M.S.B.)
* Correspondence: scrs@fe.up.pt

Received: 6 November 2020; Accepted: 7 December 2020; Published: 9 December 2020

Abstract: The recovery of critical and precious metals from waste electrical and electronic equipment
(WEEE) is an environmental and economic imperative. Biosorption has been considered a key
technology for the selective extraction of gold from hydrometallurgical liquors obtained in the
chemical leaching of e-waste. In this work, the potential of tannin resins prepared from Pinus pinaster
bark to sequester and recover gold(III) from hydrochloric acid and aqua regia solutions was assessed.
Equilibrium isotherms were experimentally determined and maximum adsorption capacities of
343 ± 38 and 270 ± 19 mg g−1 were found for Au uptake from HCl and HCl/HNO3 (3:1 v/v) solutions
containing 1.0 mol L−1 H+. Higher levels of acidity (and chloride ligands) significantly impaired the
adsorption of gold from both kinds of leaching solutions, especially in the aqua regia system, in which
the adsorbent underperformed. Pseudo-first and pseudo-second order models successfully described
the kinetic data. The adsorbent presented high selectivity towards gold. Actually, in simulated
aqua regia WEEE liquors, Au(III) was extensively adsorbed, compared to Cu(II), Fe(III), Ni(II),
Pd(II), and Zn(II). In three adsorption–desorption cycles, the adsorption capacity of the regenerated
adsorbent moderately decreased (19%), although the gold elution in acidic thiourea solution had
been quite limited. Future research is needed to examine more closely the elution of gold from
the exhausted adsorbents. The results obtained in this work show good perspectives as regards
the application of pine bark tannin resins for the selective extraction of Au from electronic waste
leach liquors.

Keywords: precious metals; hydrometallurgical processing; biosorption; selectivity; pine bark

1. Introduction

Gold is a precious metal commonly used in jewellery and electronics [1], but also in medicine and
as a catalyst in various chemical processes [2]. Waste electrical and electronic equipment (WEEE) is a
fast-growing waste stream. In 2019, 53.6 Mt of e-waste were generated in the world, corresponding to an
average of 7.3 kg per capita [3]. Globally, however, only 17.4% was documented to be formally collected
and recycled [3]. In Europe, the management of WEEE is regulated by the Directive 2012/19/EU [4],
which states that, from 2019, member states should achieve an annual collection rate of WEEE of 65%
of the average weight of EEE placed on the market in the three preceding years. Although Europe was
the continent presenting the highest rate (42.5%), collection and recycling must increase even further
to meet the target [3]. WEEE contains bulky metals, along with plastics and toxic elements, but also
technology metals which, in the frame of a circular economy, should be recovered. The content of
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precious/critical metals in WEEE vary considerably, but in certain types of WEEE can even exceed
those found in primary sources [5–7]. For instance, levels of 250–2050 ppm of gold have been reported
in waste printed circuit boards [8]. However, greener and more economically competitive routes are
necessary to extract metals from WEEE and achieve sustainable processes.

The recovery of precious metals from e-waste usually involves dismantling, comminution, and
separation [8–10], chemical pre-treatments to dissolve base metals [10,11], followed by pyrometallurgical
and/or hydrometallurgical processes. Despite the challenges related to the use of strong acids in
leaching processes, and the need to minimise the loss of chemicals, hydrometallurgical processes
have been considered a cleaner option to be integrated at the back-end of a recycling scheme for
the recovery and production of high purity metals [6,7,12]. They also have lower capital costs
and benefit from easier implementation at the small scale. Cyanide has been the dominating
leaching reagent of Au from primary resources [13] and possibly the most reliable and economic
for WEEE [10]. However, the toxicity of cyanide makes its use prohibitive in modern processes.
Alternative leaching reagents have been proposed to dissolve Au from WEEE, including chloride,
aqua regia, thiourea and thiosulfate [13]. The subsequent stage of a typical flowsheet is the extraction
of gold from leaching liquors. Among the various techniques that can be implemented, adsorption has
been the dominant one, especially in cyanide liquors, and due to a favourable cost-effectiveness [14],
in which activated carbon has been for decades the adsorbent of choice [15,16]. The current interest in
moving forward a more benign recovery has been motivating the search for alternative adsorbents,
at more competitive prices and able to sequester gold from non-cyanide leach liquors. The use of
bio-derived adsorbents has been regarded as a key technology [17], offering advantages related to the
ready availability of the biomass, to the simple synthesis and chemical functionality, which usually
make them good sequestrants of metals. Important criteria to be met by biosorbents for gold recovery
include: (i) high uptake capacity of the metal from actual matrices; (ii) selectivity, i.e., adsorbents should
be able to uptake gold to the detriment of other base metals and noble metals coexisting in solution;
(iii) fast adsorption kinetics; and (iv) feasible subsequent recovery of the adsorbed metal.
In addition, the adsorbents should have particle sizes suitable for use in fixed bed systems,
avoiding pressure drop and column clogging, and should have also good chemical stability
in strong acidic solutions, considering this is the condition of typical gold-bearing liquors [18].
Various adsorbents have been investigated for gold recovery, including commercial resins [19,20],
crosslinked polyethyleneimine resin [19], and a wide range of natural-derived adsorbents such as
polyethylenimine modified Ca2+-alginate fibres [18], polyethylenimine modified Lagerstroemia speciosa
leaves [21], banana peel derivatives [22], raw date pits [23], and tannin-derived materials [6,24–26].
The successful uptake of gold has been explained by electrostatic interaction between the gold
complexes in solution and the adsorbent surface, followed by a reduction mechanism, involving amine,
hydroxyl, and aldehyde groups of the adsorbents [18,21,27,28].

Tannins are natural polyphenolic macromolecules present in leaves, wood, bark, seeds and fruits
of various plants. Their abundance in nature, easy extraction with water, richness in hydroxyl groups
and easy tailoring have made tannin materials interesting biosorbents for the removal of contaminants
from water and for the uptake and recovery of precious metals [26]. Tannin resins may be prepared
through a crosslinking reaction (gelification) with aldehydes [24,25]. Further chemical modifications,
such as anchoring of amine groups [24,29] are possible to improve the adsorptive performance of
the materials. Immobilization in support materials [28,30] and magnetization [24] have been also
investigated to enhance solid-liquid separation. Outstanding uptake capacities of gold have been
reported for different tannin-derived biosorbents [24,27,29], explained by the oxidation of polyhydroxyl
groups and the reduction of the metal to its elemental form [24,28]. Literature on the recovery of gold
by tannin adsorbents has been however limited to few sources of the precursor, namely tannin acid,
commercial tannins, valonea, and persimmon tannins [26,28–30]. Despite the fact that pine bark tannin
resins have been investigated to remove pollutants from water, in a remediation perspective [31–33],
no studies were found in the literature evaluating the uptake of precious metals by this material and
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subsequent recovery. More research is also needed to obtain results in aqua regia solutions and stronger
chloride and acidic media.

This work comes in response to the need of economical and environmentally competitive processes
for the recovery of precious metals from WEEE. The adsorption of gold(III) by a tannin resin prepared
from bark of maritime pine (Pinus pinaster) is studied. The bark of this native Mediterranean tree is a
forest residue and a by-product of wood conversion industry, which can give a contribute to bioeconomy.
Chloride and aqua regia solutions were used, and the uptake of gold was investigated from single and
multi-metal systems, simulating actual hydrometallurgical liquors. The final recovery of the metal was
achieved by elution.

2. Materials and Methods

2.1. Adsorbent

A tannin resin, prepared from maritime pine (P. pinaster) bark, was used in this work as adsorbent.
P. pinaster bark was collected (direct sampling) from the coastal North region of Portugal, milled using
a regular coffee grinder resulting a final particle size distribution of (percentages by mass, % w/w):
40% in the fraction <0.15 mm, 24% in the range 0.15–0.50 mm, 29% of 0.50–1.0 mm, and 7% of
1.0–2.0 mm. Tannins were extracted from the pine bark in batch mode, using an alkaline aqueous
solution of 7.5 % NaOH (% w/w, in respect to the bark), and a bark-to-liquid ratio of 1:6 (w/w).
The extraction was carried out under magnetic stirring at a temperature of 90 ◦C and for a contact time
of 60 min. These extraction conditions were the best found in a previous work [33]. After solid-liquid
separation (suction filtration, using a vacuum pump), the resulting solution was neutralized with
HCl 2.0 mol L−1 and subjected to freeze-drying (FreeZone 2.5 Plus, Labconco, Kansas City, MO, USA).
NaOH and HCl solutions were prepared from analytical grade salt and acid, respectively. The obtained
solid extract was converted into an insoluble material by a cross-linking reaction (gelification).
For this purpose, 3.0 g of tannin extract were solubilized in 12.0 mL of a 0.25 mol L−1 NaOH
solution and mixed with 0.6 mL of formaldehyde (36% w/w, analytical grade). The reaction was
carried out at 80 ◦C in digestion vessels for 8 h. The precipitate was dried, milled, washed with
HCl 0.05 mol L−1 (prepared from analytical grade 37% w/w acid) and distilled water, and dried
at 65 ◦C. These operating conditions were also selected according to the optimization studies
previously conducted [33]. Particle size analysis was performed by laser diffraction (Coulter LS230,
Beckman Coulter, Pasadena, CA, USA): 32%, 43%, 14%, and 11%, respectively found for particles sizes
< 0.15 mm, 0.15–0.50 mm, 0.50–1.0 mm, and 1.0–2.0 mm. The fraction 0.15–0.50 mm was selected and
used as adsorbent in the present work. The point of zero charge of the pine bark tannin resin was
6.2 ± 0.1 [33]. The high chemical stability of the adsorbent at acidic conditions was demonstrated by
low values of dissolved organic carbon concentration at pH 2.0 (4.98 ± 0.07 mg-C L−1), for a tannin
resin dosage of 2.0 g L−1 and a contact time of 24 h [33].

Scanning electron microscopy (SEM) and energy dispersion spectroscopy (EDS) were used to
observe the morphology and detect the chemical elemental composition in the tannin adsorbent surface,
before and after adsorption of gold. The SEM/EDS exam was performed at CEMUP-LMEV
(Materials Centre of the University of Porto—Laboratory for Scanning Electron Microscopy and
X-ray Microanalysis) using a high resolution (Schottky) environmental scanning electron microscope
with X-ray microanalysis and electron backscattered diffraction analysis (Quanta 400 FEG ESEM/EDAX
Genesis X4M). Samples were coated with a gold/palladium thin film by sputtering, using the SPI
Module Sputter Coater equipment.

2.2. Gold Solutions

In this work, gold(III) was used as adsorbate. Aqueous solutions of the metal, with concentrations
ranging from 10 to 550 mg-Au L−1, were prepared by dilution of a commercial standard 1000 mg-Au L−1,
containing 2 mol L−1 HCl. Considering the aim of the study, to evaluate the uptake of Au(III) from
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chloride and aqua regia liquors, two types of strong acidic solutions containing different levels of
H+ were used as aqueous matrices: hydrochloric acid (HCl) and a mixture of hydrochloric acid
and nitric acid (HCl/HNO3 in a ratio of 3:1 (v/v), molar ratio of 2.6:1.0). The desired HCl and
HNO3 concentrations were obtained by the addition of analytical grade commercial acid solutions
(HCl 37% w/w, density 1.19 g mL−1; HNO3 65% w/w, density 1.39 g mL−1) and taking into account the
pre-existing HCl concentration in the gold standard solution.

2.3. Analytic Methods

The analysis of dissolved metals (Au and Cu, Fe, Ni, Pd, Zn—multi-metal experiments) in
aqueous solutions was performed by AAS (Atomic Absorption Spectroscopy), with flame atomization
(GBC Scientific 932 Plus, Australia). The calibration plots were taken daily and accepted for
coefficients of determination (R2) higher than 0.995. In particular, the dissolved gold was measured
by air-acetylene flame, using a hollow-cathode lamp operating at 242.8 nm, intensity of 4.0 mA.
Potassium nitrate (analytical grade) was added to the standards and samples at final concentrations of
2000 mg-K L−1, in order to suppress ionization.

2.4. Adsorption Studies

Adsorption studies were conducted in batch mode. Accurately measured volumes of Au solutions
(15.0 mL) were put in contact with the required amount of adsorbent (depending on the adsorbent
dosages defined in the Sections 2.4.1–2.4.4) in Erlenmeyer closed flasks. Suspensions were stirred in an
orbital shaker, operating at 280 rpm. Samples taken from the suspensions were filtered using cellulose
acetate membranes (0.45 µm porosity), the liquid phase was diluted when necessary and analysed for
metal concentration. All the experiments were made in duplicate and results presented as the average
values with corresponding uncertainties (absolute deviations or propagated errors).

2.4.1. Effect of the Leaching Reagent

Aqueous solutions of 100 mg-Au L−1 were prepared in HCl, using acid concentrations varying
from 0.2 to 3.7 mol L−1, and in aqua regia (HCl/HNO3) dilutions with total H+ varying from 0.3 to
4.2 mol L−1. These solutions were mixed with the tannin resin (adsorbent dosage of 2.0 g L−1) and stirred
for two days. The uptake percentages of gold from the initial solution was calculated by Equation (1),
where C0 and Ce denote gold concentrations (mg L−1) in the initial and the final solutions, respectively.

Uptake (%) =
C0 −Ce

C0
× 100 (1)

2.4.2. Adsorption Equilibrium Isotherms

Adsorption equilibrium data allow for the design and optimization of the adsorption systems
and provide information on the capacity of an adsorbent to accumulate the adsorbate on its surface.
Equilibrium isotherms were obtained for the adsorption of Au(III) by the tannin resin at 20 ◦C and
for different aqueous matrices: HCl 1.0 mol L−1 and 2.0 mol L−1, and aqua regia (3:1 v/v HCl/HNO3)
dilutions corresponding to 1.0, 1.4 and 2.0 mol L−1 total H+ levels. The experimental data was
obtained using solutions with initial concentrations of Au in the range 10–550 mg L−1 and a constant
solid-to-liquid ratio (S/L = 1.0 g L−1). Adsorbent dosages in the range 0.3–3.0 g L−1 have been
reported in literature [34–36] for gold uptake. Usually, a higher adsorbent dosage provides a higher
uptake efficiency, but a lower usage capacity of the solid [31]. Considering the results obtained with
2.0 g L−1 (effect of leaching reagent, previous subsection), it was decided to use a lower solid-to-liquid
ratio (1.0 g L−1) to ensure that final measurable gold concentrations (significantly different from zero)
would be obtained to plot the isotherm. Suspensions were stirred for 72 h (enough to attain the
steady state). The amount of metal adsorbed per gram of adsorbent in the equilibrium (qe, in mg
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Au per g of tannin resin) was calculated as a function of the final Au concentration in equilibrium
(Ce, mg L−1) by the mass balance expressed by Equation (2).

qe =
C0 −Ce

S/L
(2)

Langmuir [37] and Freundlich [38] models, expressed by Equations (3) and (4), respectively,
were fitted to experimental data by non-linear regression. In Equation (3), Qm (mg g−1) symbolizes the
maximum uptake capacity, corresponding to the monolayer coverage assumed by the Langmuir model,
and KL denotes a constant related to the energy of adsorption. In Equation (4), KF and n are constants
related to the adsorption capacity and adsorption intensity, respectively.

qe =
QmKLCe

1 + KLCe
(3)

qe = KFCe
1/n (4)

2.4.3. Kinetic Study

The contact time effect on the amount of adsorbed Au was studied using 1.0 mol L−1 HCl solution
and aqua regia at the same HCl level (total H+ concentration of 1.4 mol L−1), adsorbent dosages of 0.5,
1.0 and 2.0 g L−1, and different initial Au concentrations (100 mg L−1 and 300 mg L−1). The liquid
solutions were stirred with the tannin resin for different periods of time, at room temperature (20± 2 ◦C).
Control assays (with no adsorbent) were conducted in parallel. After designated times, suspensions
were immediately filtered, and the liquid phase analysed for Au concentration (C). The amount of Au
adsorbed per gram of tannin resin (q, mg g−1) at each contact time (t) was calculated by Equation (5).

q =
C0 −C

S/L
(5)

Lagergren’s pseudo-first order and pseudo-second order reaction-based models have been
widely applied in numerous adsorption systems, due to their simplicity and the commonly good
fittings generated. Despite their questionable significance and fairly empirical nature [39], these models
were also employed in the present work. Lagergren’s pseudo-first order [40] and pseudo-second
order models [41,42] are represented by Equations (6) and (7). In these expressions, q and qe (mg g−1)
symbolize the amount of gold adsorbed per mass unit of adsorbent, at time t (h) and at equilibrium,
respectively, and k1 (h−1) and k2 (g mg−1 h−1) are the kinetic constants.

q = qe[1− exp(−k1t)] (6)

q = qe
qek2t

1 + qek2t
(7)

In addition, an intraparticle diffusion model was also used. Linear Driving Force (LDF)
approximation (Equation (8)) [43] assumes that the uptake rate of an adsorbate is proportional
to the difference between the adsorbed phase concentration at the solid/fluid interface (q*, given by
Langmuir model) and the average adsorbed phase concentration in the particle (q). The calculation
of the LDF constant (kLDF) was done using the explicit equation (Equation (12)) that results from
Equation (8), combined with the use of the variables expressed in Equations (9)–(11) [44]. The
solver tool in Excel was used to obtain kLDF constants, by minimizing the sum of squared residuals.
The calculation of Dh, based on Equation (13) [45], assumes spherical adsorbent particles (rp denotes
the average particle radius) and a parabolic profile of metal concentration inside the particle.

∂q
∂t

= kLDF × (q∗ − q) (8)
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ξ =
Qm

C0
× S/L (9)

y =
C
C0

(10)

a = ξ− 1 +
1

KL ·C0
; b =

1
KL ·C0

; α =
−a +

√
a2 + 4b

2
; β =

−a− √a2 + 4b
2

(11)

t = − 1
kLDF

{
1
2b
× ln

[
y2 + ay− b
a− b + 1

]
+

(
1− a

2b

)( 1
α− β

)
× ln

[
(1− β)(y− α)
(1− α)(y− β)

]}
(12)

kLDF =
15Dh

rp2 (13)

2.4.4. Competitive Adsorption and Selectivity

The dissolution of precious metals from WEEE is usually preceded by chemical pre-treatments
to dissolve base metals (e.g., copper, lead) [10]. However, certain amounts of these metals remain in
the residue, together with the precious metals, and are leached out with gold in the subsequent steps.
The presence of these metals in solution may affect the adsorption capacity of the adsorbent, due to
possible competition. In addition, if an adsorbent sequesters significant amounts of other metals,
besides gold, the generation of a final high purity recovered product may be compromised. Assessing the
performance of an adsorbent in a multi-metal solution simulating an actual hydrometallurgical liquor
is therefore important. Multi-metal solutions containing Au(III) (200 mg L−1), Cu(II) (200 mg L−1),
Fe(III) (150 mg L−1), Ni(II) (80 mg L−1), Zn(II) (10 mg L−1) and Pd(II) (40 mg L−1) were prepared
in aqua regia (0.75, 1.3 and 2.0 mol L−1 H+ solutions). The desired concentration of each metal
was obtained by the dilution of commercial metal standards (1000 mg L−1) or, in the case of Cu(II),
by the dissolution of CuCl2·2H2O salt. The metal composition of the simulated solutions was based
on the levels reported in literature for aqua regia liquors of WEEE [25,29]. Simulated leaching
solutions were then mixed with the tannin resin at an adsorbent dosage of 1.0 g L−1. After 72 h
of stirring, the concentration of each metal was analysed in the liquid and uptake percentages and
adsorbed amounts calculated (Equations (1) and (2)). Control assays were conducted in parallel, in
similar conditions, but using single-metal solutions (200 mg-Au L−1).

2.5. Desorption and Regeneration

Desorption and regeneration studies were conducted in order to evaluate the recovery of gold by
elution from exhausted adsorbents and the possibility to reuse the regenerated material. A sample of
Au-loaded adsorbent was prepared by stirring the tannin resin (1.0 g L−1) with 500 mg L−1 Au solution,
prepared in HCl 1.0 mol L−1 H+. After the saturation with gold, the adsorbent was separated from
the remaining liquid by vacuum filtration, washed with distilled water and dried at 50 ◦C overnight.
The first desorption stage was conducted using a solid-to-liquid ratio of 2.5 g L−1 and two different
eluents: acid thiourea solution (0.5 mol L−1 thiourea and 0.5 mol L−1 HCl) and HCl 50% (v/v).
After 3 days stirring, the liquid phase was analysed for Au and the desorbed percentage calculated.
Adsorption and desorption steps were repeated for 3 cycles, using the thiourea solution as eluent.

3. Results and Discussion

3.1. Effect of the Leaching Solution

Figure 1 presents the results on gold(III) uptake from aqueous matrices containing different levels
of HCl and HCl/HNO3. In both aqueous systems, the acidity of the medium affects the amount of gold
adsorbed by tannin resin.
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Figure 1. Effect of hydrogen ion concentration ([H+]) on the uptake of gold by the pine bark tannin
resin from HCl and HCl/HNO3 (aqua regia) aqueous solutions.

Total removal of gold from HCl solutions is achieved up to 1.2 mol L−1 H+. Above 2.0 mol L−1 HCl,
the uptake of the metal is seriously affected, and for 3.7 mol L−1 HCl is practically suppressed. Results
can be explained considering the effect of H+, but also the presence of Cl- ligands, and their effect on
the adsorbate species (gold complexes) and on the adsorbent surface. The adsorption mechanism that
has been proposed for the uptake of gold by tannin materials is based on an electrostatic attraction
followed by the reduction of Au(III) and the oxidation of hydroxyl groups [19,24]. The redox reaction
is expressed by Equation (14), where the reduction of the chlorogold complex is accompanied by the
oxidation of hydroxyl to carbonyl groups [46].

AuCl4− + 3 R-OH→ Au0 + 3 R = O + 3 H+ + 4 Cl− (14)

Under the HCl concentrations used in this study, Au should be present in solution as
tetrachloroaurate(III) complex (AuCl4−) (speciation diagram presented in [47]), and the resin surface
should present a high positive charge. These conditions favour the uptake of Au complexes
by electrostatic attraction, which explains the good results observed up to 1.2 mol L−1 HCl.
However, an excessive increase in HCl concentration (and consequently, in H+ and Cl− levels) impairs
the reduction of gold (Equation (14)), and chloride ions, abundantly present in solution, may also
compete with AuCl4− to the active sites of the adsorbent [19,24]. This explains the marked reduction
in the gold uptake observed for HCl levels above 2.0 mol L−1.

With regards to the aqua regia, Figure 1 shows that 100% of gold in HCl/HNO3 solutions is
sequestered by the tannin resin for acidic levels below 1.0 mol-H+ L−1. The adsorptive ability sharply
decreased for higher acid concentrations and ceases at 2.7 mol L−1 H+ (corresponding to 2.0 and
0.7 mol L−1 of HCl and HNO3, respectively), results that can be explained in the same way as for the
HCl solutions. As it can be seen, for acidity levels higher than 1.2 mol-H+ L−1, the tannin resin exhibits
a higher performance for the uptake of Au(III) from HCl solutions than from aqua regia, and it is much
more affected by the acid concentration in the latter system than in the former. This means that the
presence of nitric acid in solution impairs the uptake of Au by the adsorbent, being a result of the
strong oxidizing capacity of aqua regia which hinders the reduction of Au(III) [25].

The results here obtained are generally in line with those reported in literature. Fan et al. [25]
studied the adsorption of Au(III) by a persimmon tannin in HCl and HNO3 media. Under the
studied conditions, the adsorbent performance was only significantly reduced for HCl and HNO3

concentrations higher than 3.74 and 3 mol L−1, respectively. The adsorbent performed better in HCl
than in HNO3 aqueous medium. Yi et al. [29] studied the effect of HCl concentration on the adsorption
of gold(III) by ethylenediamine modified persimmon tannin adsorbent and reported a gradual decrease
in the Au uptake when the H+ concentration rose from 0.1 to 5.82 mol L−1. Al-Saidi [23] reported an
increase in Au(III) removal by raw date pits for HCl concentrations up to 0.5 mol L−1, but a decrease in
the uptake efficiency above this level. Most of literature studies were conducted using HCl aqueous
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matrices. In the present study we have investigated also the use of aqua regia because it is also
employed as leaching solution for WEEE, superior to chloride leaching in some criteria [10,13]. Several
works have also evaluated the uptake of gold under HCl levels equal and lower than 0.1 mol L−1,
corresponding to pH values between 1 and 5–6 [18,21,22], which are weaker acidic conditions than
those used in the present work. In fact, our experiments were carried out by using 1.0–2.0 mol H+ L−1

(HCl and HCl/HNO3 solutions), closer to the H+ concentration in actual leach liquors of WEEE,
even though that acid levels below 1.0 mol L−1 would assure a greater adsorbent performance.

3.2. Adsorption Equilibrium Isotherms

Figure 2 shows adsorption isotherms obtained for the uptake of gold by the tannin resin, in different
acidic systems (HCl and aqua regia).
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Figure 2. Equilibrium isotherms for the adsorption of gold by the pine bark tannin resin from
different acidic matrices (20 ◦C, S/L = 1.0 g L−1): effect of H+ concentration in (a) HCl and (b) aqua
regia solutions; effect of the leaching solution for a total H+ concentration of (c) 1.0 and (d) 2.0 mol L−1.
Ce denotes the gold concentration in the liquid phase, in equilibrium with the metal adsorbed amount,
qe. Langmuir and Freundlich models are represented by solid and dashed lines, respectively.

In line with the previous results, Figure 2a,b shows a negative effect of increasing the solution acidity.
The slope of the isotherms for low equilibrium concentrations gives indication about the affinity
adsorbent/adsorbate, and in both charts (Figure 2a,b), the decrease of adsorption is evident for higher
H+ concentrations. However, the results show that the negative influence of acid concentrations tends
to cease as the Au concentration increases. The adsorbed amounts of Au from 1.0 mol L−1 HCl solution
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are significantly higher than the ones recorded at 2.0 mol L−1 only for equilibrium gold concentrations
below 100 mg L−1, but are practically the same for higher adsorbate levels (Figure 2a). The same
happens when it comes to aqua regia (Figure 2b), as the isotherms measured at 1.0 and 1.4 mol L−1 H+

get closer for Au concentrations of ca. 200 mg L−1. This is reflected by the similarity of the maximum
adsorbed amounts obtained experimentally (qe,m, Table 1) for 1.0 and 2.0 mol L−1 HCl, and for 1.0 and
1.4 mol L−1 H+ aqua regia. The use of 2.0 mol L−1 of H+, however, impaired more dramatically the
uptake ability, as even for higher Au levels the adsorbed amounts remained significantly below the
values obtained at 1.0 and 1.4 mol L−1.

Table 1. Parameters of Langmuir and Freundlich isotherms for the adsorption of gold from HCl and
aqua regia solutions using pine bark tannin resin, at 20 ◦C, and comparison between the maximum
adsorbed amounts obtained experimentally (qe,m) and from Langmuir modelling (Qm).

exp. Langmuir Freundlich

qe,m
(mg g−1)

Qm
(mg g−1)

KL × 103

(L mg−1)
R SE

(mg g−1)
KF

(mg1−1/ng−1L1/n) n R SE
(mg g−1)

HCl Solution

1.0 mol L−1 H+ 344 ± 30 343 ± 38 38 ± 13 0.97 31.0 38 ± 7 2.4 ± 0.3 0.98 23.7
2.0 mol L−1 H+ 289 ± 28 675 ± 152 4 ± 2 1.00 12.6 7 ± 2 1.4 ± 0.1 0.99 15.7

Aqua Regia Solution

1.0 mol L−1 H+ 246 ± 19 270 ± 19 81 ± 21 0.99 19.3 51 ± 21 3 ± 2 0.91 47.2
1.4 mol L−1 H+ 264 ± 32 386 ± 62 8 ± 3 0.98 20.9 10 ± 6 1.7 ± 0.3 0.96 31.5
2.0 mol L−1 H+ 136 ± 21 200 ± 65 6 ± 4 0.95 19.3 5 ± 4 1.7 ± 0.5 0.92 24.8

Figure 2d compares isotherms measured from HCl and aqua regia matrices, under the same
total H+ concentrations. For 1.0 mol L−1 H+, the two isotherms are quite similar, mainly for low gold
concentrations. For 2.0 mol L−1 H+, the performance of the tannin resin is unquestionably worst
under aqua regia solutions (Figure 2d). In this case, the maximum adsorbed amounts, recorded within
the experimental conditions were 289 mg g−1 in HCl solution and 136 mg g−1 in aqua regia solution
(Table 1). Such behaviour should be related to the strong oxidizing power of aqua regia that inhibits
the reduction of Au and limits the sequestering ability of the adsorbent. Therefore, the use of HCl
as a leaching agent for gold in hydrometallurgical processes has proven to create more favourable
conditions than aqua regia, considering its subsequent uptake and recovery.

The parameters of Langmuir and Freundlich models are shown in Table 1. The coefficients of
correlation (R) and the standard error of the regressions (SE) are also presented, as measures of the quality
of the fittings. Modelled curves are illustrated in Figure 2. As it can be seen, both equilibrium models
described quite well the experimental data. Considering the higher correlation coefficients and the
lower standard errors, the Langmuir model provided better fittings (exception is the isotherm measured
at 1.0 mol L−1 HCl). Despite this, in the experimental range of concentrations studied and in certain
conditions (e.g., 2.0 mol L−1 HCl; 1.4 and 2.0 mol L−1 HNO3/HCl), the maximum experimental adsorbed
amounts (denoted as qe,m, in Table 1) are lower than the Qm values predicted by Langmuir model. This is
an indication that the monolayer capacity was not attained, which means that the adsorbent still has
capacity to sequester more gold ions from solution. Indeed, other studies present similar observations.
A continuous rise of the isotherm curve, even for Au equilibrium concentrations of 1500–2000 mg L−1,
has been reported for the adsorption of gold by crosslinked polyethylenimine/calcium-alginate fibres,
and attributed to a continuous reduction process of Au(III) [18].

In a general way, and despite the negative effect of H+ and aqua regia, pine bark tannin resin
showed an excellent ability to sequester and accumulate gold on its surface in all the conditions
tested. Table 2 presents maximum adsorption capacities of gold(III) reported in the literature for
different adsorbents. In order to allow a suitable comparison, maximum adsorbed amounts obtained
experimentally (qe,m) and from Langmuir modelling (Qm) are presented, together with the most relevant
operating conditions. The pine bark tannin resin presents adsorbed amounts in the range of the
reported values for other biosorbents. Looking only at the uptake capacities of gold, its performance
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seems to be comparable to the banana peel derived adsorbent and PEI-modified L. speciosa leaves,
superior to some other biosorbents or synthetic polymers (e.g., commercial resin Lewatit TP214, raw
date pits, activated rice husk), but worse than other tannin adsorbents. However, it is worth noting
that the adsorption capacity of the pine bark tannin resin was evaluated here under more harsh acidic
conditions (1.0 mol L−1 acid solutions) than most of the data collected from literature and referred
in Table 2. Although strong acidic conditions are more representative of the actual conditions found
industrially, it is known that they impair the uptake of gold (Figure 1; [25,29]). On this basis, it can be
said that pine bark tannin resin proved to be a promising material for gold uptake.

Table 2. Maximum adsorption capacities reported in literature for the adsorption of gold from chloride
media by different adsorbents: maximum adsorbed amounts, obtained experimentally (qe,m) and
calculated monolayer capacities (Qm) by Langmuir modelling.

Adsorbent T (K) pH or [H+] Ce (mg L−1) qe,m
(mg g−1)

Qm
(mg g−1) Ref.

Commercial resin IRA400 pH 2 0–215 902.3 [19]
Commercial resin Lewatit TP214 298 pH 6.1 35–225 108.7 [20]

Polyaniline modified by TMP 298 pH 4 0–300 881 883 [48]
Crosslinked PEI resins pH 2 0–210 943.5 [19]

NIPA gel 323 1 mol L−1 0–790 125.5 [49]
Activated rice husk 298 pH 6.1 50–260 93.46 [20]
PEI-alginate fibers 298 0.1 mol L−1 0–2000 1240 1404 [18]

GA-PEI-alginate fibers 298 0.1 mol/L 0–1500 2325 2182 [18]
Cellulose acetate fibers 298 2 mol L−1 0–800 110 [50]

Raw date pits 298 0.5 mol L−1 0–35 78 61 [23]
Banana peel 298 pH 1 0–1200 370.18 377.2 [22]

Banana peel (lipid extraction) 298 pH 1 0–1000 475.48 448.4 [22]
Oil palm trunk (dewaxed) 303 pH 2 0–120 91.47 95.16 [35]

PEI-modified L. speciosa leaves 298 pH 1 0–200 282 286 [21]
Persimmon resin 303 pH 2 150–351 ≈965 1905 [36]

Persimmon peel gel 303 0.1 mol L−1 0–11 × 103 1.8 × 103 [51]
Crosslinked persimmon tannin gel 303 0.1 mol L−1 0–2.4 × 103 1517 [34]

TEPA-persimmon tannin gel 303 0.1 mol L−1 0–1.2 × 103 1168 [6]
EDA-modified persimmon tannin 303 0.1 mol L−1 0–1.5 × 103 1550.4 [29]

persimmon tannin onto
Fe3O4@SiO2 microspheres 298 pH 5 (0.2–1.8) × 103 860 917.4 [24]

persimmon tannin
functionalized viscose fiber 298 pH 2 0–120 528 536 [28]

Sericin and alginate particles
chemically crosslinked by

proanthocyanidins
298 pH 2.5–3 0–140 196.1 188.4 [27]

Pine bark tannin resin 298 1 mol L−1 0–200 344 343 This
work

Pine bark tannin resin 298 1 mol L−1

(HCl/HNO3)
0–200 246 270 This

work

EDA—ethylenediamine; GA–glutaraldehyde; NIPA–N-isopropylacrylamide; PEI–polyethylenimine; TEPA–
tetraethylenepentamine; TMP–trimethyl phosphate.

3.3. Kinetic Study

The effect of contact time on the uptake of gold was studied at 20 ◦C, for different
adsorbate concentrations, solid-to-liquid ratios and acidic aqueous matrices. The kinetic profiles are
presented in Figure 3 and show a relatively slow adsorptive process, with equilibrium times of two or
three days. Similar contact times were found by Gurung et al. [34], with persimmon tannin resins,
although other authors report considerably lower values (8 h) [36]. The slow kinetics on the gold
uptake appears to be a shortcoming of many biosorbents, but this has been explained by the reductive
process of gold, which is essential for high uptake capacities.
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Figure 3. Effect of contact time on the uptake of gold by the pine bark tannin resin at 20 ◦C, different
initial gold concentrations, adsorbent dosages and using aqueous solutions of (a) 1.0 mol L−1 HCl (a)
and (b) aqua regia 1.0 mol L−1 H+: experimental data and pseudo-second order modelling.

The adsorption dynamics is a result of a multi-step process involving [52,53]: (i) transport through
the external film up to the surface of the adsorbent, (ii) intraparticle diffusion (in pores and/or over the
surface), and (iii) final adsorption reaction on the active sites. The last step is usually very fast and do
not determine the overall adsorption rate [52]. In well-stirred batch systems, the external resistance of
mass transfer can be also considered negligible. Despite the fact that the adsorption reaction is also
usually fast, Lagergren’s pseudo-first order and pseudo-second order reaction-based models have
been widely applied in numerous adsorption systems, due to their simplicity and the commonly good
fittings generated. Table 3 presents kinetic parameters for Lagergren’s pseudo-first and pseudo-second
order models. As it can be seen, both models describe very well the experimental data, with all
coefficients of correlation equal or higher than 0.98. Despite the fact that the pseudo-second order
model (Figure 3) has mostly provided the lowest SE, the pseudo-first order predicted equilibrium
adsorbed amounts (qe) closest to the experimental values.

Table 3. Kinetic parameters of reaction-based models (k, kinetic constants; qe, equilibrium adsorbed
amounts) for the adsorption of gold from HCl and aqua regia solutions by the pine bark tannin resin, at
20 ◦C and for different initial Au(III) concentrations (C0) and adsorbent dosages (S/L).

Pseudo-First Order Model Pseudo-Second Order Model

C0 (mg L−1) S/L
(g L−1)

qe
(mg g−1)

k1 × 102

(h−1)
R SE

(mg g−1)
qe

(mg g−1)
k2 × 104

(g mg−1 h−1)
R SE

(mg g−1)

1.0 mol L−1 HCl

100 1.0 91 ± 6 6 ± 1 0.98 7.2 112 ± 9 6 ± 2 0.98 6.2
100 2.0 52 ± 2 7.7 ± 0.6 0.99 2.2 63 ± 2 1.3 ± 0.1 1.00 1.4
300 2.0 147 ± 8 4.7 ± 0.6 0.99 7.5 190 ± 12 2.3 ± 0.5 0.99 6.0

1.4 mol L−1 H+ Aqua Regia Solution

100 1.0 84 ± 4 5.3 ± 0.7 0.99 4.5 109 ± 9 4 ± 1 0.99 4.8
300 2.0 136 ± 3 7.2 ± 0.5 1.0 4.2 167 ± 5 4.4 ± 0.5 1.0 3.8

The kinetics of gold uptake by the tannin resin was also analysed considering an intraparticle
diffusion-controlled process. Assuming a negligible mass transfer resistance in the outer layer and
considering that intraparticle resistance is governed by surface diffusion (as this adsorbent is essentially
a non-porous material), homogeneous solid diffusion model (HSDM) combined with Linear Driving
Force (LDF) approximation were used to model kinetic data and to calculate the average values
of the homogeneous diffusion coefficients (Dh) (equations in Section 2.4.3). Table 4 presents kLDF
and Dh estimated values. The good agreement between the LDF fitting and the experimental data
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(coefficients of correlation equal or higher than 0.98) shows that this model can also successfully
describe the adsorption of gold by the tannin resin. The homogeneous solid diffusivity coefficients
calculated were in the range 10−14–10−13 m2 s−1. Saman et al. [35] reported values in the order of
magnitude of 10−13 m2 s−1 for the adsorption of Au(III) by oil palm trunk biosorbents. For the same
adsorbent dosage, the results show an increase in Dh with the initial adsorbate concentration, which has
been reported in various adsorptive systems [44,54], including on the uptake of gold cyanide by
activated carbon [16]. For the same initial adsorbate concentrations and adsorbent dosages, lower kLDF
and Dh values were obtained for the aqua regia solutions, in comparison to HCl, which indicates
slower adsorption kinetics.

Table 4. Kinetic constant (kLDF) of LDF approximation and solid diffusivity coefficients (Dh) calculated
by HSDM model for the adsorption of gold from HCl and aqua regia solutions by the pine bark
tannin resin.

C0 (mg L−1) S/L (g L−1) R kLDF (h−1) Dh (m2 s−1)

1.0 mol L−1 HCl

100 1.0 0.98 0.076 3.6 × 10−14

100 2.0 0.98 0.051 2.5 × 10−14

300 2.0 0.99 0.215 1.1 × 10−13

1.4 mol L−1 H+ Aqua Regia Solution

100 1.0 1.00 0.021 1.0 × 10−14

300 2.0 0.99 0.087 4.3 × 10−14

3.4. Competitive Adsorption and Selectivity

The tannin resin was tested in multi-metal solutions containing Cu(II), Fe(III), Ni(II), Zn(II), Pd(II),
and Au(III). The results are depicted in Figure 4.
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Figure 4. Percentages of metals extracted from simulated liquors containing aqua regia in different
H+ concentrations by the pine bark tannin resin from (20 ◦C, S/L 1.0 g L−1, initial Au concentration
200 mg L−1): (a) comparison of Au uptake from single and multi-metal solutions; (b) uptake of metals
from the multi-metal solution.

As it can be seen (Figure 4a), the ability of the tannin resin to uptake gold from the simulated liquors
is practically the same as that found in single-metal solutions. The uptake percentages of gold obtained
in multi-metal systems (Figure 4b) were noticeably higher than those of the other metals (which has
never surpassed 11%), particularly for total acidities of 1.0 and 1.4 mol L−1. For instance, at acidic level
of 0.75 mol L−1 H+, almost 100% of the gold in solution was adsorbed by the tannin resin, whereas Ni
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and Pd were very weakly extracted (11 ± 4% and 10 ± 3%, respectively), and other metals remained
practically solubilized (uptake percentages < 3%). In the presence of high chloride concentrations and
low pH, gold and platinum group metals are present as anionic chloro-complexes, which favour their
uptake by the positively charged adsorbent surface. Palladium has similar properties and behaviour
as Au, namely a low reduction potential. It has been reported that PdCl4− can be also adsorbed
by tannin-adsorbents through the oxidation of the functional groups of tannins and reduction to
Pd(0) [24], which justify its co-adsorption. Base metals, on the other hand, are present in solution as
cationic species and are electrostatically repelled. Indeed, in biosorption processes, anions are typically
adsorbed at low pH (1.0–3.0), whereas metal cations are typically adsorbed under optimum conditions
of pH 5.0–5.5 [55]. This explains the reduced competition observed between gold and base metals.
The present results are generally in line with results published in literature, which have shown very
good selectivity for gold over other metals for different HCl and HNO3 media [25].

3.5. SEM and EDS Analysis

Figure 5 presents the SEM images of the tannin resin adsorbent, before and after gold uptake.
As it can be observed, the adsorbent particles present an irregular shape and a faceted non-porous
surface (Figure 5a). After adsorbing gold from HCl (Figure 5b) and aqua regia solutions (Figure 5d,e),
the adsorbent surface presented an accumulation of metal particles, identified as gold through the EDS
spectra performed in the micro areas denoted as Z1 and Z2 (Figure 5f). These images are in line with the
quantitative adsorption results previously obtained, considering that Figure 5d (Au-loaded adsorbents
in HCl and aqua regia solutions 1.0 mol L−1 H+, respectively) show high amounts of gold particles,
whereas Figure 5e shows a much scarce distribution. The EDS spectra obtained in areas not covered
by gold particles (not illustrated) showed an abundance of carbon and oxygen (also observed before
adsorption), but the additional presence of chlorine. This confirms the competition between chloride
and gold to the adsorbent surface.Water 2020, 12, x FOR PEER REVIEW 14 of 18 
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Figure 5. SEM images obtained for the pine bark tannin resin (a) before contact with gold, and after
adsorption of gold (b) from 1.0 mol L−1 HCl, and from aqua regia solutions (d) 1.0 mol L−1 H+ and
(e) 2.0 mol L−1 H+. EDS spectra obtained in the areas denoted as (c) Z1 and (f) Z2.

3.6. Desorption and Regeneration

The final recovery of gold from the loaded adsorbent and the regeneration of the adsorbent are
important for industrial applications. A first desorption test of gold(III) was conducted using HCl 50%
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(v/v) and 0.5 mol L−1 acidic thiourea as eluents. Negligible desorption percentage (<1%) was obtained
in HCl eluent, whereas 57% was registered using the acidic thiourea solution. In fact, formulations
of thiourea with HCl have been identified in literature as the most effective desorbing solutions for
gold [18,22,27,56]. The desorption mechanism of the process is based on the displacement of the
electrostatically adsorbed Au(III), that complexes with chloride in the HCl eluent, and on the oxidation
of the elemental gold forming the gold(I)-thiourea Au(CS[NH2]2)2

+ [18,56]. Details about the reactions
of gold dissolution through the use of acid thiourea solution can be found in literature [57,58].

Adsorption–desorption assays were then conducted for three cycles, using the acidic
thiourea solution. The results are presented in Figure 6.

Water 2020, 12, x FOR PEER REVIEW 14 of 18 

 

 
Figure 5. SEM images obtained for the pine bark tannin resin (a) before contact with gold, and after 
adsorption of gold (b) from 1.0 mol L−1 HCl, and from aqua regia solutions (d) 1.0 mol L−1 H+ and (e) 
2.0 mol L−1 H+. EDS spectra obtained in the areas denoted as (c) Z1 (c) and (f) Z2. 

3.6. Desorption and Regeneration 

The final recovery of gold from the loaded adsorbent and the regeneration of the adsorbent are 
important for industrial applications. A first desorption test of gold(III) was conducted using HCl 
50% (v/v) and 0.5 mol L−1 acidic thiourea as eluents. Negligible desorption percentage (<1%) was 
obtained in HCl eluent, whereas 57% was registered using the acidic thiourea solution. In fact, 
formulations of thiourea with HCl have been identified in literature as the most effective desorbing 
solutions for gold [18,22,27,56]. The desorption mechanism of the process is based on the 
displacement of the electrostatically adsorbed Au(III), that complexes with chloride in the HCl eluent, 
and on the oxidation of the elemental gold forming the gold(I)-thiourea Au(CS[NH2]2)2+ [18,56]. 
Details about the reactions of gold dissolution through the use of acid thiourea solution can be found 
in literature [57,58]. 

Adsorption–desorption assays were then conducted for three cycles, using the acidic thiourea 
solution. The results are presented in Figure 6. 

 
Figure 6. Results obtained in the adsorption (C0 = 500 mg L−1, S/L = 1.0 g L−1, 20 °C) and desorption 
cycles (eluent: 0.5 mol L−1 thiourea and 0.5 mol L−1 HCl solution, S/L = 2.5 g L−1, 20 °C). 

0

20

40

60

80

100

0

100

200

300

400

500

Cycle 1 Cycle 2 Cycle 3

D
es

or
be

d 
%

q 
(m

g/
g)

Adsorption
Desorption

Figure 6. Results obtained in the adsorption (C0 = 500 mg L−1, S/L = 1.0 g L−1, 20 ◦C) and desorption
cycles (eluent: 0.5 mol L−1 thiourea and 0.5 mol L−1 HCl solution, S/L = 2.5 g L−1, 20 ◦C).

As it can be seen, the desorption efficiency observed in the first cycle (57%) decreased to 38% and
39% in the two subsequent desorption steps. In spite of that, the regeneration ability of the tannin
resin was quite good, as the adsorbed amount remained practically constant in two cycles and reduced
moderately (19%) in the third one, indicating that the regenerated tannin resin still has capacity to
accumulate gold in its surface. These results are promising, but the necessity of more research is
evident to find an improved solution (e.g., increasing HCl concentration) to desorb gold more efficiently
from the pine bark tannin resins. Although from environmental and cost-effectiveness points of view,
the desorption and regeneration seem to be the most interesting options to recover gold, incineration
could be considered in future as it is a direct way to obtain metallic gold.

4. Conclusions

Tannin resins prepared from maritime pine (Pinus pinaster) bark were evaluated for the uptake
and recovery of gold from simulated e-waste hydrometallurgical liquors. Higher extraction efficiencies
of gold were obtained from HCl solutions, in comparison to aqua regia, but excessive levels of HCl
caused a severe impact in the metal uptake from both aqueous systems. Even though, at strong acidic
levels and in both acidic systems, the pine bark tannin resin presented a good performance, with
maximum adsorption capacities ranging from 200 and 343 mg g−1 (2.0 and 1.0 mol L−1 H+, respectively).
The adsorption process was found to be a rather slow process (2–3 days to be completed) and successfully
described by the homogeneous solid diffusion model and LDF approximation. The selectivity of the
adsorbent towards gold was evaluated using simulated hydrometallurgical liquors. The amount of
gold extracted by the tannin resin from multi-metal solutions was similar to the values registered in the
single-metal solutions and the co-adsorption of Pd(II), Cu(II), Fe(II), Ni(II) and Zn(II) was in general low.
Desorption and regeneration studies conducted through three adsorption–desorption cycles, using a
solution of 0.5 mol L−1 thiourea and 0.5 mol L−1 HCl as eluent, indicate desorption percentages of
38–57%, although with only a mild loss of the adsorption capacity of the regenerated adsorbent.

162



Water 2020, 12, 3456

Considering the harsher conditions at which the pine bark tannin resin was evaluated, it can be
said that it presents analogous or even better performance when compared to other biosorbents or
synthetic resins. A deeper analysis on the final recovery of gold from the exhausted adsorbents will
be considered in forthcoming work. More research is needed in this field to improve the circularity
in WEEE, particularly by the promotion of benign practices.
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Abstract: This work informs on the green synthesis of a novel adsorbent and its adsorption capacity.
The adsorbent was synthesized by the combination of iron nanoparticles and cellulose nanofibers
(FeNPs/NFCs). Cellulose nanofibers (NFCs) were obtained from Moringa (Moringa oleifera Lam.)
by a pulping Kraft process, acid hydrolysis, and ultrasonic methods. The adsorption method has
advantages such as high heavy metal removal in water treatment. Therefore, cadmium (Cd) and lead
(Pb) adsorption with FeNP/NFC from aqueous solutions in batch systems was investigated. The
kinetic, isotherm, and thermodynamic parameters, as well as the adsorption capacities of FeNP/NFC
in each system at different temperatures, were evaluated. The adsorption kinetic data were fitted
to mathematical models, so the pseudo-second-order kinetic model described both Cd and Pb. The
kinetic rate constant (K2), was higher for Cd than for Pb, indicating that the metal adsorption was
very fast. The adsorption isotherm data were best described by the Langmuir–Freundlich model
for Pb multilayer adsorption. The Langmuir model described Cd monolayer sorption. However,
experimental maximum adsorption capacities (qe exp) for Cd (>12 mg/g) were lower than those for
Pb (>80 mg/g). In conclusion, iron nanoparticles on the FeNP/NFC composite improved Cd and Pb
selectivity during adsorption processes, indicating the process’ spontaneous and exothermic nature.

Keywords: cadmium; lead; adsorption; cellulose nanofibrils; iron nanoparticles

1. Introduction

Water pollution by heavy metals is one of the most severe environmental problems,
with industrial processes being their main anthropogenic sources. Heavy metals can be
distinguished from other pollutants because they are not biodegradable, and they can
be bioaccumulated in different food chains. Furthermore, these metals have been linked
to carcinogenic, embryotoxic, teratogenic, and mutagenic effects [1,2]. Consequently, the
permissible limits for cadmium (Cd) and lead (Pb) in drinking water established in 2017
by the World Health Organization’s (WHO) standards are 0.003 and 0.01 mg/L, respec-
tively. The United States Environmental Protection Agency (USEPA) has set the maximum
contaminant levels (MCLs) in drinking water at 0.015 mg/L for lead and 0.005 mg/L
for cadmium [3–5]. Cadmium and lead are some of the heavy metals introduced as an-
thropogenic pollutants worldwide by various processes. Cadmium contamination may
occur due to the manufacture of alloys, batteries, pigments, plastics, mining, and refining
processes [6]. Cadmium causes severe damage to kidneys and bones. Its accumulation in
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the human body leads to nausea, headaches, fatigue, salivation, diarrhea, muscular cramps,
renal degradation, chronic pulmonary problems, skeletal deformity, low levels of iron in
the blood, and breathlessness (dyspnea) [7,8].

On the other hand, common anthropogenic causes of lead contamination in groundwa-
ter are mining, smelting, fossil fuel combustion, solid waste incineration, batteries, paints,
cables, ceramics, and glass manufacturing [9]. In children, overexposure to lead causes
swelling of the optic nerve, ataxia, brain damage (encephalopathy), convulsions, seizures,
and impaired consciousness. In adults, lead exposure causes high blood pressure, dam-
age to the reproductive organs, fever, headaches, fatigue, vomiting, anorexia, abdominal
pain, constipation, joint pain, incoordination, insomnia, irritability, and various symptoms
related to the nervous systems [7].

Many techniques have been employed to reduce the adverse effects of cadmium
and lead in water bodies, including chemical oxidation/reduction, chemical precipitation,
electrochemical processes, ion exchange, membrane filtration, and others [10,11]. These
processes can be difficult to operate, and they show low selectivity. However, among these
methods, adsorption is flexible, low cost, and a high-efficiency technique [12]. Adsorption
is a mass transfer process by which a substance is transferred from the liquid phase to the
solid’s surface by physical or chemical interactions.

Other studies have demonstrated the use of biomaterials as efficient, low-cost, abun-
dant, biodegradable, and highly stable adsorbents [13]. Cellulose is an abundant natural
polymer and is commonly found in wood, seeds, algae, and agro-industrial waste. The
Moringa tree (Moringa oleifera Lam), a member of the Moringaceae family, can grow around
the tropics. It is native to sub-Himalayan areas of northwestern India. It can be easily
cultivated and adapts to semiarid climates, as it is a polyvalent tropical tree. In Michoacan,
Mexico, the generation of residual biomass product from its plantation along the Pacific
coast has been reported, with an average of 300 to 500 kg per hectare. This waste from
leaves, stems, and branches concentrates wasted cellulose in large amounts [14,15]. Among
the various functional polymers exist cellulose nanofibers (NFCs). Such fibers are large
flexible fiber structures consisting of alternating crystalline and amorphous domains in a
net-like structure. NFCs can be extracted from a cellulosic material, moderately degraded
by chemical methods, thermal processes, and mechanical processes. Additionally, NFCs
have been obtained from combined pulping Kraft process, acid hydrolysis, and ultrasonic
methods [16,17].

The adsorption of metals by this type of material can be attributed to their structural
compounds with various functional groups, such as carboxyl, carbonyl, sulfide, and
hydroxyl. Many of these hydroxyl groups allow chemical modification and improve
adsorption performance [18]. Cellulose tends to form an aggregate structure due to the
hydrogen bonds being present, limiting adsorption; hence, modification of the cellulose
structure and surface can help to avoid adsorption restraints. One of these modifications
involves impregnation with metallic nanoparticles. Such a change can enhance adsorption
properties in the biopolymer [19]. It has been reported that many metal oxide nanoparticles
and other inorganic nanoparticles (i.e., zeolite nanoparticles) effectively and quickly remove
metal contaminants in wastewater treatment processes [11,20].

The appearance of iron nanoparticles in remediation is attributed to their low toxicity
and redox capacity when reacting with water. They have a large surface areas and high
reactivity [21]. The use of iron nanoparticles has been reported in different carbon-based
materials, such as starch and biopolymers, as well as in mineral adsorbents, such as
clays. These materials act as supports for obtaining nanocomposites [22–26]. Moreover,
functionalization with organic solvents helps to mitigate nanoparticles’ agglomeration on
the composite and improves dispersion. Different modifiers are used to abate nanoparticles’
mobility in water, such as carboxymethyl cellulose or cellulose, since they are negatively
charged molecules. These nanoparticles (NPs) are generally considered to be the most
mobile in aqueous solutions due to electrostatic repulsion [27].
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Several processes have been utilized to prepare nanoadsorbents. These are often
considered as time-consuming processes, have high reagent requirements, and release
toxic substances into the environment [28]. Otherwise, nanoparticles synthesized by
plant products or extracts are more stable. These green syntheses are more manageable
than conventional techniques. Such ecological approaches are cost-effective, simple, and
sustainable and do not involve any toxic agents [29]. Different green synthesis routes use
agro-industrial wastes, biopolymers, solvent replacement, plants, microorganisms, etc. [30].
Nanoparticles can be incorporated into the biopolymer through different mechanisms,
such as chemical coprecipitation, to obtain the final composite material. Still, the use of
plant extracts (organic compounds) can influence the reduction process. They can also
stabilize the nanoparticles, promoting bonding to the biopolymer [31].

Fruits, seeds, stem, and leaf extracts from different plants contain useful polyphenols
for metal reduction. These substances have been researched as bioreducing agents to synthe-
size nanoparticles, such as Vitex negundo L., E. condylocarpa, and Amaranthus dubius [32–35];
including Rumex acetosa [36], Eucalyptus globulus [37], Mukia maderaspatana [38], Camellia
sinensis [39], Rosemarinus officinalis [40], Citrus maxima [41], Azadirachta Indica [30,42], green
tea [43], eucalyptus [44], and Canna indica [21]. Additionally, waste materials such as
banana peel and citrus juice waste have also been used.

Green plant leaves have recently been studied for the eco-friendly synthesis of iron
nanoparticles, using Fe(II) or Fe(III) chloride solutions as precursors [30]. This synthesis is
possible because these plants contain bioactive components, mostly polyphenols, that act as
reducing and capping agents. Moreover, several applications and syntheses of metal oxide
nanoparticles, particularly for iron, have been reported [45–49]. Jitendra et al. [50] reported
that A. indica leaf extract assisted in the green synthesis of highly crystalline α-Fe2O3
nanomaterials with well-defined unique morphologies. Similarly, the green-synthesized
mesoporous α-Fe2O3 had a surface area four times larger than the commercial α-Fe2O3
nanoparticles [39]. Moringa leaf contains various photochemical type-like flavonoids, such
as polyphenols, rutin, kaempferol, chlorogenic acid, quercetin-malonyl-glucoside, glucosi-
nolate, and isothiocyanates, with high antioxidant capacities. These are an alternative
reducing agent for synthesizing iron oxide NPs [51,52].

Therefore, the present study aims to evaluate the iron nanoparticles and cellulose
nanofibers (FeNPs/NFCs) performance for the removal of Cd(II) and Pb(II) from aque-
ous solutions and to examine the structure of the composite obtained from the cellulose
nanofiber’s (from branch wood residues) contact with iron nanoparticles (from green synthe-
sis with FeCl3 and leaf tea extract). Furthermore, the influence of contact time, temperature,
and pH on adsorption experiments was determined, as were the adsorption mechanisms
and thermodynamic, kinetic, and isothermal parameters of the studied systems.

2. Materials and Methods
2.1. Preparation of FeNP/NFC Composite

Large amounts of wood residues obtained from the pruning of the Moringa tree
were collected from an orchard located in the municipality of Nueva Italia in the State
of Michoacán, Mexico. These wood residues were used for cellulose extraction by Kraft
pulping, followed by acid hydrolysis.

The cellulose nanofibrils (NFCs) were obtained using a high-intensity ultrasonica-
tion technique combined with cryo-crushing with liquid nitrogen. Wood chips from
Moringa oleifera Lam. were cooked by Kraft pulping in a Kamir digester (METROTEC,
model LB-16) with a capacity of 15 L and a speed of 5.16 r.p.m. The Kraft Pulping process
was carried out with the following operating parameters: the temperature ranged from 160
to 170 ◦C with a boiling time of 20–30 min, a white liquor with sulfidity levels between 20
and 27% was used, using 200 g of wood chips (dry basis).

Chemical post-treatment to wood fibers by acid hydrolysis was performed with an
H2SO4 solution 40% (v/v) at 80 ◦C for 2 h. The separation of fibers was carried out using a
high-intensity ultrasonication technique combined with cryo-crushing with liquid nitrogen.
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The mechanical cryo-crushing with ice crystal formation slashed the vegetal fiber wall and
released wall fragments. The ultrasonic treatment was carried out for 40 min at 60 kHz,
and then the material was dried in an oven. Mechanical fibrillation was performed using
liquid nitrogen and applying high shear forces.

The synthesis of the composite material (FeNP/NFC) was carried out by putting in
contact 4 g of cellulose (Kraft pulp) and 40 mL of leaf extract. Fresh Moringa oleifera Lam.
leaves were collected and carefully washed with deionized water, and they were dried
at room temperature with constant ventilation. Then, 20 g of dried leaves sample were
mixed with 150 mL distilled water at 60 ◦C for 45 min. The supernatant was filtered with a
Whatman filter paper to produce the leaf extract, and was stored at 4 ◦C in the refrigerator.
A 0.5 M solution of FeCl3.6H2O was subsequently adjusted at pH 8, using 0.1 N HCl and
0.1 N NaOH solutions. The leaf extract (pH 5.6) was added dropwise to the FeCl3 solution
with continuous stirring at 60 ◦C for 180 min. The modified material FeNP/NFC was
filtered and washed several times with distilled water to eliminate any excess of reactive
components from the material; the modified material was allowed to dry and it was stored
in a desiccator.

2.2. Characterization of FeNP/NFC Composite

Different methods were used to perform the characterization of Kraft pulp and com-
posite material in order to determine their morphologies, semiquantitative elemental
properties, and surface properties. Scanning Electron Microscopy (SEM) images were
obtained using a JEOL JSM IT300LV microscope (Tokyo, Japan).

Fourier Transform Infrared Spectroscopy (FTIR) was used to examine the changes in
the functional groups induced by the adsorbent synthesis and the adsorption process. The
samples were analyzed in a Bruker® Tensor 27 FTIR spectrophotometer (Bruker Optics
Inc., Billerica, MA, USA).

The zeta potential (ZP) was used to measure the electrical potential on the adsorbent’s
surface. From the values of the zeta potential at different values 3 to 10 pH, the surface
acidity or basicity and the isoelectric point were determined [16]. The FeNP/NFC material’s
zeta potential was measured with a Nano Brook 90 Plus Zeta instrument.

X-ray Diffraction (XRD) measurements were conducted to determine the presence of
the cellulose crystalline phase in the samples, using a Rigaku Ultima IV (Rikagu, Tokio,
Japan). The diffracted intensity of the Cu-Kα (λ = 1.54 Å) was measured in a 2θ range. Data
analysis to identify crystalline and amorphous phases was carried out using Match V. 1.10ª
2003–2010 Software (Crystal Impact, Bonn, Germany).

The FeNP/NFC composite oxides were analyzed on an energy dispersive X-Ray
fluorescence spectrometer model Bruker S2PUMA with an Ag tube. Samples were analyzed
to define the form of oxides.

2.3. Adsorption Experiments
2.3.1. Kinetics

Batch-type experiments with FeNP/NC were performed to determine Cd and Pb
removal. Samples with 10 mL aliquots of a 2 mg/L metal solution were put in contact
with 0.05 g of composite material in plastic flasks. The pHs of the initial solution for Pb
and Cd were 2 and 3, respectively. The solutions’ pHs were adjusted to and maintained at
5 (by adding 0.01 M HCl or 0.05 M NaOH to the solutions) due to the cationic chemical
species (II) present in the solution. The flasks were shaken, separately, at 100 rpm and 25 ◦C.
The solutions’ concentrations were 2 mg/L for both Pb(NO3)2 and Cd(NO3)2·4H2O. The
contact times ranged from 5 to 150 min to acquire the equilibrium time. After the contact
time was achieved, the supernatants were separated by filtration, and the residual solution
was analyzed for each metal by Flame Atomic Absorption Spectrometry (FAAS) (model
Perkin Elmer® AANALYST 200, Waltham, MA, USA). The solutions were refrigerated at
4 ◦C and stored in amber bottles (plastic and glass) to avoid precipitation and oxidation
during analysis. The experiments were performed in triplicate to determine reproducibility.
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The Cd and Pb adsorption concentrations at equilibrium time during adsorption were
calculated by:

qt =
(Co − Ct)V

m
(1)

where qt is the amount of ion adsorbed, at a time (t), per weight of adsorbent (mg/g); Co is
the initial concentration of heavy metal (mg/L); Ct is the concentration of heavy metal at
that equilibrium time (mg/L); V is the volume of solution (L), and m is the mass of the
adsorbent (g).

A batch removal system requires information about the optimum conditions that can
only be acquired from kinetic models. Moreover, adsorption kinetics studies and their
adjustment to empirical models allow the evaluation of removal mechanisms and are
fundamental for selecting optimal design parameters for future effluent treatments. The
data obtained from the kinetics tests were fitted to the Elovich, Lagergren (pseudo-first-
order), and pseudo-second-order kinetic models by nonlinear regression analysis using
Statistica 7.0 software. Such kinetic models were used in this research due to their wide
use and acceptance in heavy metals removal studies.

The general expression of the pseudo-first-order rate, also known as the Lagergren
model, is represented by the following equation [53].

qt = qe

(
1 − e−Kl t

)
(2)

where KL is the Lagergren rate constant (1/min), qt is the amount of ions adsorbed, at a
time (t), per weight of adsorbent (mg/g), and qe is the amount of ions adsorbed at the
equilibrium (mg/g).

The pseudo-second-order model is based on the assumption that the rate-limiting step
may be chemisorption [54]. Alternatively, the pseudo-second-order model is expressed in
its linear form as follows:

qt =
K2q2

e t
1 + 2K2qet

(3)

where K2 is the pseudo-second-order rate constant for adsorption (g/mg min), qt is the
amount of ions adsorbed, at a time (t), per weight of adsorbent (mg/g), and qe is the
amount of ions adsorbed at the equilibrium (mg/g).

The Elovich equation is represented by the following [55], commonly used in the
kinetics of the chemisorption of gases on solids:

qt =
1
b

ln(1 + abt) (4)

where qt is the amount of ion adsorbed, at a time (t), per weight of adsorbent (mg/g), qe is
the concentration of solute removed at the equilibrium per weight of adsorbent (mg/g),
KL is the pseudo-first-order kinetic constant (1/min), K2 is the pseudo-second-order rate
constant of sorption (g/mg.min), and a and b are the Elovich constants related to the initial
adsorption rate (mg/g min) and desorption rate (g/mg), respectively.

2.3.2. Isotherms

Adsorption isotherms were performed with Cd and Pb aqueous solutions at different
concentrations to determine the systems’ equilibrium parameters. Plastic vials were used to
put 0.05 g of FeNP/NC in contact with 10 mL of Pb and Cd solutions, separately, at different
concentrations, ranging from 5 to 500 mg/L. Then, the vials were placed in a thermostat-
adjusted water bath agitator. They were shaken at 100 rpm at different temperatures
(25, 30, and 40 ◦C). All experiments were performed in triplicate. According to the chemical
equilibrium diagram for cation ions in an aqueous solution, the pH values were selected.
Cd ions predominate at pH values between 2 and 8 and Pb ions with pH values between
3 and 5.5. The pH 5 value was then set and adjusted with 0.01 M HCl and 0.05 M NaOH
solutions, as required, before the adsorption experiments.
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The experimental data from sorption isotherms of Pb and Cd were fitted to the
following isotherm models by nonlinear regression analysis. The equation that expresses
the Freundlich model is:

Qe = K f C
1
n
e (5)

where Qe is the adsorption capacity of Pb(II) and Cd(II) of the adsorbents (mg/g), Ce is
the equilibrium concentration of the metal ion in solution (mg/L), Kf is the equilibrium
constant indicative of adsorption capacity, and n is the adsorption equilibrium constant
whose reciprocal is indicative of adsorption intensity. The Freundlich model assumes that
the adsorption process happened on heterogeneous surfaces [56].

Langmuir model could be represented by Equation (6) [57]:

Qe =
Q0KLCe

1 + KLCe
(6)

where Q0 represents the maximum monolayer adsorption capacity of Pb and Cd, and KL
is the Langmuir constant (L/g). The Langmuir model is established based on forming a
complete monolayer on the surface (mg/g).

Langmuir–Freundlich model is represented by Equation (7) [58]:

Qe =
KLFC

1
n
e

1 + aLFC
1
n
e

(7)

where KLF and aLF are empirical constants.

2.4. Thermodynamic Studies

The thermodynamic results were calculated from isotherm data of Pb and Cd at 25,
30, and 40 ◦C. The thermodynamic parameters were estimated to analyze the influence
of temperature on metal ion adsorption, such as Gibb’s free energy change ∆G (kJ/mol),
enthalpy change ∆H (kJ/mol), and entropy change ∆S (J/mol K) [4,59], using the following
thermodynamic equations:

Kc =
Cad
Ce

(8)

Ce = Ci (1 − Fe) (9)

Cad = Ci Fe (10)

Kc =
Fe

1 − Fe
(11)

∆G◦ = −RTlnKc (12)

∆H◦ = R
(

T1T2

T1 − T2

)
ln

Kc1

Kc2
(13)

∆S◦ =
∆H◦ − ∆G◦

T
(14)

where R = 8.314 J/mol K is the universal gas constant; Kc (mL/g) is the equilibrium
constant; Ce is the concentration of the metal in the solution at equilibrium (mg/L); Ci is the
initial concentration of the metal in the solution at equilibrium (mg/L); Fe is the fractional
conversion of the sorption at equilibrium, and T is the thermodynamic temperature (K).

Van’t Hoff’s equation [59] allowed us to obtain the ∆H◦ and ∆S◦ values graphically:

lnKC =
−∆H

◦

R x T
+

∆S
◦

R
(15)
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A graph of lnKc on the abscissa axis and 1/T on the ordinate axis should be linear, and
the intercept would be equivalent to ∆S◦/R, while the slope would be numerically equal to
∆H◦/R.

3. Results and Discussion
3.1. Characterization of FeNP/NFC Composite

As shown in Figure 1, the surface morphology is significantly different before and after
NFC impregnation with iron nanoparticles. After the hydrolysis and cryo-crushing process,
NFC exhibited a cavernous network structure that has a smooth surface. Figure 1a,b, show
the formation of several clefts or folds, which will help distribute the nanoparticles on
the support material. The spaces between the microfibers collapse for wood and plant
cellulose sources due to water molecules’ outflow. When the microfibers dry, all the
hydrogen bonds between the fibrils are displaced, forming weak links. It is essential to
indicate the effect of pH on the material because hydrolysis was generated in an acidic
medium. The concentration of hydronium ions incorporated into the material increased
and, therefore, they are attributed to agglomeration behavior [60,61]. Cellulose nanofibers
tend to aggregate due to hydrogen bonding between the OH and COOH- groups [62,63].
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These nanofibers are not clearly seen in Figure 1a,b due to the micrographs’ magnification. 
However, a nonhomogeneous accumulation of fibers can be observed in these micro-
graphs (Figure 1a,b), which can also be denominated as microfibrillated cellulose (de-
pending on the size and production process), consisting of cellulose nanofibers and nan-
ofiber bundles [67,68]. 

Figure 1. Scanning electron microscopy (SEM) micrographs of Cellulose nanofibers (NFCs): (a) X1000, (b) X15,000,
(c) X20,000; iron nanoparticles and cellulose nanofibers (FeNPs/NFCs): (d) X1000, (e) X1500.

The cryo-crushing process formed ice crystals that helped to slash vegetal fiber and
expose more surfaces, which allowed access to chemical activation of various functional
groups. Because of nanofibers’ exposure (Figure 1c), it can be established that the mechan-
ical cryo-crushing and ultrasonic treatment were suitable for defibrillation of Moringa’s
Kraft pulp. The average diameter of nanofibers reported in other studies ranged from 50
to 100 nm, depending on the cellulose source [63–66]. In this case, the nanofibers’ diam-
eters ranged from 80 to 160 nm, as shown in Figure 1c, indicating nanofibers’ presence.
These nanofibers are not clearly seen in Figure 1a,b due to the micrographs’ magnification.
However, a nonhomogeneous accumulation of fibers can be observed in these micrographs
(Figure 1a,b), which can also be denominated as microfibrillated cellulose (depending
on the size and production process), consisting of cellulose nanofibers and nanofiber
bundles [67,68].

Moreover, an increase in cellulose crystallinity has also been reported in NFC pro-
duction from various sources [63,67]. In this case, such an increase was observed after
the Moringa’s NFC synthesis process, compared to the Kraft pulp cellulose crystallinity,
due to the breaking down of the hierarchical structure of the cellulose into individualized
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nanofibers of high crystallinity, with a reduction in amorphous parts [67]. The crystallinity
of the Moringa’s NFC will be discussed further below. Furthermore, FTIR analyses of sev-
eral NFC samples from different sources proved that chemical treatment also led to partial
removal of hemicelluloses and lignin from the fibers’ structures. Still, the molecular struc-
ture of cellulose remained unchanged after chemical and mechanical treatments [64,67].
This behavior was also observed in the NFC from Moringa and will also be discussed
further. Based on the above, the presence of cellulose nanofibrils in the Moringa composite
can be confirmed.

In Figure 1d,e, micrographs of FeNP/NFC are observed. The surface showed a distri-
bution of small particles which are related to NPs. Results for punctual Energy Dispersive
X-Ray Spectroscopy (EDS) analysis (point A in Figure 1e) indicate high concentrations of
carbon (C), oxygen (O), iron (Fe), chlorine (Cl), sodium (Na), and calcium (Ca), Figure 1e.
Chlorine comes from the reactive solution used in FeNP/NCF preparation. The results
indicate a certain percentage of Fe adhered to the surface, which is related to the synthesis
of NPs. The alkaline pH system adjusted in the synthesis of nanoparticles helps incorporate
hydroxyl groups (–OH) and NPs to the matrix. Hemicelluloses that still partially persist in
the structure can inhibit nanofibrils’ coalescence during the synthesis of iron nanoparticles.
The formation of several slits is observed, which helped distribute the nanoparticles on the
support material and capture these ions [61].

The elemental mapping was performed to the FeNP/NFC samples after the adsorption
process. In Figure 2a,b, the main elements present on the materials’ surfaces are carbon and
oxygen in a higher proportion in weight, and low concentrations of dispersed forms of Cd
and Pb. The sulfate (S), Ca, and Fe compounds contribute to Cd aggregates’ adsorption on
the surface of the material observed at various sites. Sodium comes from cooking liquors of
the Kraft pulping process: NaOH, NaS, and Na2CO3. Calcium and potassium are the main
elements present in the wood. The sample’s composition with adhered particles of Cd is
shown in Figure 3b at 5000×, where the spot analysis indicates solid Cd particles. The
results demonstrate the presence of Cd at around 11% (w/w), forming various phases on
the material. The sample analysis shows a decrease in Fe (with values <0.15%) compared to
the samples before Cd adsorption, indicating a possible ion-exchange sorption mechanism.
The spot analysis of the sample that adsorbed Pb (Figure 3a) reached a concentration near
1.05% (w/w). The carboxylic acids, phenols, and alcohols on the surface of the adsorbent
were protonated, and the surface was negatively charged, allowing adsorption.
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Figure 3. Spot analysis of composite samples after adsorption of (a) Pb and (b) Cd.

Figure 4 shows the FTIR spectra of NFC and FeNP/NFC. For both spectra, the broad
peaks at 3406 and 3374 cm−1 are associated with -OH stretching vibration. The bands
at 1636 and 1611 cm−1 are attributed to the water bending vibration. Displacement of
these peaks is observed due to their intervention during the synthesis of the new material.
In the case of the FeNP/NFC sample, the smaller peak at 2909 cm−1 corresponds to the
-CH stretching of the aromatic rings and methylene (-CH2), which are associated with
functional groups involved in the green synthesis of nanoparticles. The appearance of a
band at 1456 cm−1 can be assigned to a -CH2 bending vibration and -OH deformation
vibration, for the phenolic or alcoholic group.
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Significant changes were observed in the bands from 1500 to 1000 cm−1. The bands
from 1502 to 1418 cm−1 correspond to the aromatic elongation of C=C bonds and aromatic
deformation vibration of C-C bonds. The stretching of carboxylic acids and esters peak is
present at 1271 cm−1. Ether and free alcohol C-O stretching can also be observed at the
bands from 1000 to 1280 cm−1. The adsorption peaks at 1161 and 661 cm−1 are attributed
to asymmetric C-O-C and deformation of out-of-plane hydrogen of the C-H bond in the
aromatic ring [69].

After the Fe nanoparticles’ impregnation on NFC, some peaks’ intensities increased in
the spectrum of the FeNP/NFC composite (Figure 4)—mainly the bands that appeared in
the region between 600 and 400 cm−1, which correspond to Fe oxides. The FTIR spectrum
of FeNP/NFC exhibited peaks at 1611, 1551, 1463, 1376, 1031, and 600 cm−1. The broad
peak at 601 cm−1 was attributed to stretching vibrations of Fe-O.

On the other hand, the O-Si-O and Si-CH functional groups were observed in the
cellulosic material; thus, main peaks with stretching and bending vibrations from 1430 to
1100 cm−1 were noticed. The Si can also react with the noncellulosic components, where it
can contribute to the Fe-O bond from 580 to 603 cm−1 due to the formation of the Fe-O-Si
bond [70]. Furthermore, the peaks with lower intensities, at 511 and 675 cm−1, such as
-MgO, are related to other oxides present in the material. These sites intervened in the
adsorption and were largely attributed to the wood’s inorganic portion, and a smaller
portion to the final material [71]

The peaks around 1376 and 1463 cm−1 increased their intensity; these are attributed
to the -CH symmetric vibration of the polymeric matrix of NFC, mainly due to a strong
hydrogen bond between the NFC groups and iron nanoparticles. The broad peak at
1031 cm−1 was associated with Fe-OH vibration; it indicates the incorporation of iron
onto the surface [69]. The stretching vibration of O=S=O was observed at 1384 cm−1;
the C-S group was found at 1200 cm−1 and the S=O group was identified at 1053 cm−1.
These bands confirmed the presence of the sulfonic group. The effect of alkaline and
acid treatments on cellulosic materials leads to surface activation with various functional
groups such as -SH, -SOH2, -SO, -(CH3O)2SO2, and C-S, which can help in the adsorption
process [4,56]. Bands at 2340, 2346, and 1478 cm−1 are typical of N vibrations, such as -NO2,
C3HN+, and CN2; these groups were formed by the cellulose synthesis and extraction [72].

The Fourier Transform Infrared Spectroscopy (FTIR) analysis reveals (Figure 4) that
the FeNP/NFC was esterified during the synthesis process at 1721 cm−1; this band is
usually attributed to C=O stretching vibration, and a decrease in this band was observed
for the FeNP/NFC sample. A new weak absorption peak appeared at 1427 cm−1, which
could be attributed to the bending vibration of OH in carboxyl groups. On the other hand,
a large amount of -COOH groups had been introduced to cellulose after the modification;
these groups possess strong adsorption properties for heavy metal ions [73].

Figure 5 shows the FTIR spectra of FeNP/NFC adsorbent after Pb adsorption (PbRM)
and after Cd adsorption (CdRM). It was observed that metal adsorption generated slight
displacements in some bands and significant changes in the band frequencies of groups
such as -OH, -COO-, C=O, C-O, and C-O-C; this suggests that such ionizable functional
groups on the adsorbent surface can bond with the metal ion. For CdRM and PbRM, the
stretching vibration peak of C-H observed at bands from 2800 to 3000 cm−1 disappeared, in-
dicating that C-H may participate in the cross-linking reaction. Moreover, at the 1630 cm−1

wavenumber, band intensity changes can be attributed to the Pb(NO2) stretching vibration.
Therefore, it can be established that amine groups in FeNP/NFC play an essential role in
lead adsorption on this material by sharing one electron pair of the nitrogen atom with the
Pb ions. The decrease in free carboxylic acid, iron oxide, iron hydroxides, amide, nitrogen
dioxide, magnesium oxide, sulfur groups, and other possible sites indicates the same type
changes upon sorption of Pb and Cd ions.
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The zeta potential (ZP) value of FeNP/NFC increased from −11 to −23 mV; this lower
negative value is due both to the polyphenolic components present in the extract during
the synthesis of the material and also to the cellulose structure of the support material for
the Fe nanoparticles (Figure 6) [34]. Different modification strategies create ionic groups on
the surfaces of NFCs. Carboxymethylation, oxidation, and sulfonation are three routes that
can add ionic groups on the surface of the cellulose. Carboxymethylation causes surfaces
to be negatively charged, promoting stable suspension from carboxymethylated fibers. The
oxidation process includes hydroxyl groups, which oxidize to aldehyde groups, followed
by carboxyl groups. Sulfonation is considered as a way to induce an anionic charge on the
surface with different functional groups such as -SO, -SH, and -HSO3

− [74,75].
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There is no evidence of an isoelectric point in the sample, which confirms that charge
dissociation is virtually independent of pH. Under acidic conditions, as the pH decreases,
the -COO- groups are converted to -COOH resulting in a lower density of surface charge,
and therefore a reduction in mobility. Additionally, an increase in pH did not change
the particle mobility significantly. In all of the pH ranges, the Zeta potential values were
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negative; therefore, it can be considered that the pH does not affect the surface loading
properties of the material. Particles with low zeta potential have tended to agglomerate,
while particles with high zeta potentials have been electrically stable.

On the other hand, the crystalline structure of cellulose is one of the most studied
structural problems in polymer science, and its accurate description of the crystal structure
remains a topic of discussion [76,77]. Therefore, an analysis of the crystal structure by XRD
was carried out to determine the composite material’s crystalline state.

As shown in XRD patterns (Figure 7), there is strong diffraction at 14.63◦, 16.7◦, and
22.42◦ of FeNP/NFC, corresponding to the (101), (10 ı̄), and (002) crystalline planes for
cellulose II, into the sample. The acid hydrolysis and cryo-crushing methods destroy the
stable hydrogen bonds, generate free hydroxyl groups, and increase cellulose reactivity [73].
They were indexed in the structure of cellulose (JCPDS No. 50-2241). The diffraction
intensity was weak for the (101) and (10 ı̄) crystal planes. These two peaks overlap with
each other because they have a lower amount of lignin and hemicellulose, resulting from
the adsorbent’s synthesis process.
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Figure 7. X-ray Diffraction (XRD) patterns of the FeNP/NFC, prepared with Moringa leaf extract.

It is difficult for chemical reactions to take place in the crystalline region because of
its stable structure. Hence, it becomes an easily accessible and penetrable amorphous
structure, increasing iron nanoparticles’ introduction [4,73]. XRD patterns show peaks
related to amorphous and crystalline compounds (Figure 7). The nanoparticles in the
material presented peaks at around 30◦ to 62◦, which could be due to crystalline materials
on organic matter.

The iron oxide phase in FeNP/NFC shows some intense XRD peaks—identified as
maghematite (Fe2O3). These peaks and indices were 30.79◦ (220), 35.63◦ (311), 43.51◦ (400),
57.22◦ (511), and 62.79◦ (440), as can be observed in Figure 7. The diffraction peaks belong to
iron oxide maghematite-C syn (No. 00-024-0081) with a rhombohedral structure. Different
amorphous materials impregnated with nanoparticles have been reported, finding that the
iron nanoparticles prepared with green tea extract were efficient in different aspects [34].
The polyphenolic compounds from tea do not possess a reduction potential negative
enough to reduce from Fe3+ to Fe0 but can reduce Fe3+ to Fe2+, forming oxide/hydroxide
nanoparticles.

The Energy Dispersive X-ray Fluorescence (EDXRF) analysis is shown in the spectrum
of Figure 8. The peaks around 0.8, 6.4, and 7.05 keV are related to the Fe binding energies.
Therefore, the EDXRF spectrum for Fe2O3 from the FeNP/NFC material, synthesized with
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aqueous extract of Moringa leaves, confirmed nanoparticles’ presence. The number of radi-
cals present in the hybrid sample revealed the photocatalytic activity of the nanoparticles.
The other intense peaks shown in the EDXRF spectrum are marked as salts’ structures
derived from the extraction of the cellulose and its initial composition from the raw material
derived from Moringa wood (Figure 8). The signal peak at 2.98 keV is assigned to silver
(Ag), derived from its presence on the sample holder and tube in the instrument employed
for the analysis; hence, the peak of iron looks smaller than silver. Potassium is essential
for the growth of the tree, which can be seen in the graph’s 3.16 keV intensity. The EDXRF
spectrum analysis indicates that the sample has a composition of approximately 32.81%
Fe2O3 and is only one of the existing oxide groups in the material (Table 1). According to
this result, the weight percent of metal oxides on cellulose increased, confirming that the
iron nanoparticles were successfully incorporated. Other than iron, different compounds
were identified, such as MgO, SiO2, P2O5, SO3, and Cl (Table 1). Inorganic material in
wood is found as carbonates, oxalates, silicates, phosphates, and sulfates; or organized as
carboxyl groups in the cellulosic materials [78].
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Table 1. Composition of oxide groups in iron nanoparticles and cellulose nanofibers (FeNPs/NFCs).

Formula

Concentration (%)

Formula Concentration (%)

MgO 13.55
SiO2 20.65
P2O5 24.04
SO3 3.68
Cl 5.26

Fe2O3 32.81

Generally, tropical woods contain inorganic salts of calcium, potassium, and magne-
sium [78,79]. Mineral transport into the plants can occur through natural routes from the
soil, where minerals are in abundance. Silica, phosphorus, magnesium, and potassium
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components of biomass contribute to the plant´s rigidness, growth, and posture [78,80,81].
Sulfur oxide is attributed to cooking Kraft pulp in the composition of the reagents in the
white liquor. Chlorine can be attributed to the reagent used (FeCl3) in the nanoparticle
synthesis process [82–84]. The inorganic substances found contributed to the various
chemical reaction processes that took place during the synthesis of the composite, such as
carboxymethylation, oxidation, hydrolysis, and sulfonation.

3.2. Adsorption Experiments
3.2.1. Kinetics

The adsorption kinetics results are shown in Figure 9. The adsorption kinetics of Pb(II)
and Cd(II) ions in FeNP/NFC were significantly different. Cd’s adsorption in the initial
stage was very fast in the first 5 min, where 22% of the total cadmium elimination was
obtained. Still, it gradually slowed down and finally reached equilibrium with a maximum
efficiency of 32%. In the case of Pb, the adsorption capacity was slow in the first 5 min,
rapidly increased between 5 and 20 min, and then slowed down—being more constant up
to 75 min (with adsorption of 40%). This adsorption system had an efficiency above 58%.
The equilibrium time was selected after 150 min for both cations, and it was ensured that
the adsorption equilibrium was reached in later experiments.

Figure 9. Cd and Pb adsorption onto FeNP/NFC composite as a function of time.

The adsorption phenomenon occurs at the surface, where the transport process and the
diffusion of the adsorption are carried out between the film and the adsorbent. Moreover,
the second phase is characterized by a slow adsorption rate due to the ions’ slow diffusion
and surface phenomena, which indicates the rate-limiting step and the type of adsorption
governing the system. The effective adsorption area on the adsorbent’s surface has many
vacant bonding sites for the metal ions, and all resulted in easy adsorption. As adsorption
proceeded, the concentration of metal ions and active sites decreased, resulting in a lower
adsorption rate when the systems reached equilibrium.

The adsorption kinetic data were fitted to Pseudo-first-order, pseudo-second-order, and
Elovich models. The correspondent parameters for each model are shown in Table 2. The
high correlation coefficient values (R = 0.9858) obtained by the pseudo-first-order model
for Pb adsorption indicates that sorption occurs exclusively at one site per ion and involves
physisorption. This model suggests that the adsorption is superficial, and one solute
molecule is adsorbed at one defined specific site. These sites were made up of the same
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type of functional groups. For both adsorption kinetics, the calculated values (qecalc) and
experimental values (qe exp) were similar. The theoretical or estimated values are considered
the adsorption capacity calculated by kinetic modeling. Thus, qe calc from the pseudo-first-
order model resulted in 0.1348 mg/g for Cd and 0.3401 mg/g for Pb. Adsorption capacity
experimental values (qe exp) were obtained from the experimental data graphs (Figure 9).
Consequently, qe exp for Cd sorption was 0.1513 mg/g and 0.3109 mg/g for Pb.

Table 2. Parameters of kinetic models for cadmium (Cd) and lead (Pb) adsorption onto FeNP/NFC.

Model Parameters
Metal Ions

Cd Pb

qe exp.
1 (mg/g) 0.1513 0.3109

Pseudo-first-order

KL (1/min) 0.2445 0.0220

qe calc. (mg/g) 0.1348 0.3401

R 0.9197 0.9858

Pseudo-second-order

K2 (1/min) 0.4486 0.0170

qe calc. (mg/g) 0.2937 0.7781

R 0.9611 0.9734

Elovich

a (1/min) 0.8112 0.00478

b (mg/g) 59.077 2.4590

R 0.9895 0.9204
1 Obtained from experimental data.

The pseudo-first-order model can only be applied to describe the initial stage of
adsorption. However, the pseudo-second-order model can predict the entire period of
the adsorption behaviors. Therefore, the pseudo-second-order model can describe the
adsorption behavior of the ions studied. In this model, the individual molecules join in
two adsorption sites of the surface. They indicate that the sorption processes are entirely
controlled by chemical processes and highlight their particularity in the electrical charge
during equilibrium, such as the exchange of electrons or covalent forces.

According to the pseudo-second-order model constant (K2), it can be observed that
the adsorption rate is higher for Cd (K2 = 0.4486 1/min) than for Pb (K2 = 0.0170 1/min).
This fact corroborates the differences found for both cations’ adsorption kinetics, Cd, which
implies a different equilibrium reaction for Cd compared to Pb. Cd’s kinetic reaction rate
indicates that it is only involved with the functional groups on the external surface. Pb’s
kinetics consist of multiple slow reactions between the outer surface and the material’s
internal pores. Additionally, the adsorption of Cd ions by the adsorbent was described
with the Elovich equation (R = 0.9895). However, when the Elovich model fitted Pb data,
low correlation coefficients were observed. This model indicates that the adsorbent’s
active sites are heterogeneous and exhibit different activation energies, based on a second-
order reaction mechanism for a heterogeneous reaction process. Consequently, this model
suggests that Cd removal occurs by a chemisorption process concerning the transfer or
exchange of electrons, taking into account the metal’s oxidation state and the possible
formation of complexes involved in it [85].

3.2.2. Isotherms

Figure 10 shows the adsorption isotherms of Cd in FeNP/NFC at different tempera-
tures. Considering the Langmuir, Freundlich, and Langmuir–Freundlich models presented,
the three models had a good fit for the three different temperatures, with R values > 0.9700
(Table 3). However, in solid–liquid systems, many factors come into play, such as hydration
forces, mass transfer, etc., which makes it more complicated to define equilibrium behav-
ior in a sorption system, and obeying a single isotherm does not fully reflect the entire
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adsorption process. Moreover, the isotherm’s suitability may be affected by experimen-
tal conditions, mainly the solute’s concentration range. Both Langmuir and Freundlich
isotherms may adequately describe the same set of liquid–solid adsorption data at spe-
cific concentration ranges. The Langmuir–Freundlich isotherm model gives information
about the adsorption on homogeneous and heterogeneous surfaces with the possibility of
multilayer adsorption.
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Table 3. Parameters of kinetic models for Cd and Pb adsorption onto FeNP/NFC.

Model Parameters
Metal Ions

Cd Pb

25 ◦C 30 ◦C 40 ◦C 25 ◦C 30 ◦C 40 ◦C

qe exp.
1 (mg/g) 12.538 13.7377 14.4896 81.4064 89.2212 89.0882

Langmuir

Q0 calc. (mg/g) 21.233 34.999 49.697 467.307 956.02 357.549

b 0.0040 0.0014 0.0010 0.0131 0.0084 0.0263

R 0.9789 0.9929 0.9924 0.9149 0.7274 0.7294

Freundlich

KF (mg/g) (L/mg)1/n 0.2601 0.0922 0.0775 4.1092 0.7209 1.4545

n 1.5275 1.2117 1.1443 0.8916 0.4163 0.5055

R 0.9617 0.9895 0.9891 0.9262 0.9180 0.8707

Langmuir–
Freundlich

KLF (mg/g)(L/mg)1/nLF 0.8453 1.0635 0.2825 0.17961 0.3134 0.2995

aLF (mg/L) 1 × 10−4 2 × 10−6 3 × 10−6 0.1394 0.1223 0.1511

nLF 0.4763 0.4052 0.6554 3.1486 3.0864 3.2310

R 0.9234 0.8864 0.9731 0.9934 0.9390 0.9040
1 Obtained from experimental data.

The Langmuir model was the one that best described all the isotherms of Cd at 25,
30, and 40 ◦C, with adsorption capacities of 21.233, 34.999, and 46.697 mg/g for each
temperature, respectively. The Langmuir model was used to describe the monolayer
adsorption at the adsorbent’s surface, considering the similar types of vacancies and
similar forces binding Cd molecules to the adsorbent’s surface. The value of b in the
Langmuir model suggests that the isotherm was favorable (0 < b < 1). In this context, the
low b values reflect that adsorption is favorable: b > 1 is unfavorable, b = 1 is linear, 0 < b < 1
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is favorable or b = 0 is irreversible. In this case, the respective b values for each evaluated
temperature indicate that the adsorption process was favorable [12,86]. The Langmuir
equation is valid for monolayer sorption onto a completely homogeneous surface with a
finite number of identical sites and little interaction between adsorbed molecules. This fact
means that once a metal ion occupies a site, it cannot have another place for adsorption, so
the adsorption behavior is gradually reflected in the different tested concentrations of Cd.

Lead (Pb) isotherm data were also fitted to the same models mentioned above. The
results are shown in Figure 11. It was noticed that the Langmuir–Freundlich model best
described such data at 25, 30, and 40 ◦C, according to their correlation coefficients (R),
shown in Table 3. This model describes the equilibrium relationship between adsorbate
binding and heterogeneous or homogeneous surfaces [72]. These surfaces have spaces with
different forces, where the adsorbate molecules bind to the surface. The isotherm at high
solute concentrations indicated a duality of both monolayer and multilayer adsorption [72].
This fact reinforces the idea that the governing mechanism is more complicated for Pb
(II) than for the weak bond of Cd (II). As a result, a Q0 cal value of 467.307 mg/g was
obtained for the Pb system at 25 ◦C, and the Q0 cal values at 30 and 40 ◦C were 956.02
and 357.549 mg/g, respectively, as shown in Table 3. Some discrepancies regarding Q0
can be observed at 30 and 40 ◦C because of the relatively low R coefficients obtained in
the Langmuir model’s fittings in such cases. These results complement together with the
Freundlich model, so the adsorption intensity (n) was always <1 for Pb adsorption cases
(Table 3). These values (0 < n < 1) indicated favorable adsorption. These facts support
that the lead adsorption was superficial and multilayered, considered as a heterogeneous
adsorption type. Additionally, the adsorption mechanisms varied depending on the
solution’s concentrations. In this context, it is essential to emphasize that the FeNP/NFC
composite can be considered highly efficient in removing Pb ions from aqueous solutions
under these experimental conditions.
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Polymers are heterogeneous materials containing sorption sites with various binding
affinities and selectivities [45]. Hence, it can be suggested that the FeNP/NFC adsorbent has
a heterogeneous surface, and Pb and Cd sorption onto this composite may present a multi-
layer behavior. The adsorption capacity of FeNP/NFC increased as the solute concentration
rose until it reached the highest adsorption capacity. An increase in experimental adsorption
capacity (qe exp) was observed in high-temperature conditions (Table 3) for both ions.

Previous studies indicated three explanations in the absorption behavior of specific
metallic ions towards the adsorbent: radio, electronegativity, and charge [87]. It can be
inferred from the results that the order of heavy metal ion removal efficiency under the
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experimental conditions was as follows: Pb(II) > Cd(II). The sizes of the ionic radius of the
elements that are Pb (0.119 nm) > Cd (0.095 nm) should be taken into account. However,
some studies conclude that the order of adsorption efficiency is due to the hydrated ionic
radius of Pb (0.45 nm) < Cd (0.5 nm), highlighting a relatively smaller lead ion compared to
cadmium. In aqueous solutions, ions form hydrate complexes with water, thus increasing
the ionic size. Therefore, hydrated ions are transported to the surface of the material and
diffuse into the pores [87–89].

The electronegativity is higher for lead ions (1.87–2.34) compared to cadmium (1.69).
Phenomena, such as electrostatic interactions, covalent bonds, and ion exchange, could
occur at the cellulose wall where cation bonding takes place. Adsorption or chelation
involving hydroxyl functions, close to carboxylates or iron nanoparticles (-FeO, -FeOH),
can increase the cation binding level [87].

The pH is an important parameter influencing the adsorption process at the water–
sorbent interfaces. However, Pb and Cd’s adsorption on this adsorbent is independent of
the pH according to the zeta potential results of the material. As mentioned above, the
solution’s pH is reduced after the sorption process; this occurs because the deprotonation
of the acidic functional groups of the adsorbent releases H3O+, allowing the metal cations
to be adsorbed. The final pH value, obtained after the sorption experiments, was 3.6. Cd
and Pb’s removal by adsorption, reported in the literature, ranges from 3 to 8 for this type
of sample [73,74]. Therefore, all further kinetic adsorption experiments were performed at
a pH of 5.

Some polymers have shown that various surfaces are nonionogenic and acquire a
negative charge in aqueous solutions. It has been shown that the electrokinetic charges of
polymer surfaces become more negative as surface hydrophobicity increases. FeNP/NFC
contains carboxyl (-COOH) and hydroxyl (-OH) functional groups as part of their polymer
structures. Therefore, the negative electrokinetic charge acquired in the material can be
explained by the dissociation of the mentioned functional groups [90]. The zeta potential
was negative in all the pH values investigated; thus, this material can help remove Cd and
Pb in some chemical species present in the solution. Both metals have the same charge (+2).
It makes adsorption favorable in the system under study, though it depends on the chemical
species present. Cadmium exists as a different form of Cd2+, Cd(OH)+, Cd(OH)2, and
Cd(OH)3

− at different pH values. At pH < 8.0, the predominant Cd species are Cd2+ [91].
Furthermore, Pb has a different form in aqueous solution at different pH values, such as
Pb2+, Pb(OH)+, Pb(OH)2, Pb(OH)3

−, and Pb(OH)4
2−. Pb2+ is the dominant species under

acidic conditions because the Pb2+ and Cd2+ ions begin to hydrolyze and then form a
minimal amount of other chemical species. Some of these species could be unfavorable
for adsorption on negatively charged materials at pH < 3 in solution, so a value of 5 as the
initial pH was selected for all adsorption experiments. The intense competition between
hydronium ions and cations (Cd or Pb ions) decreases the metal ion interaction with the
sorbent’s binding sites by greater repulsive forces.

According to the Giles classification [92], sorption isotherms of Cd at 25, 30 and 40 ◦C
can be included in S-type subgroup 2 (S-2). This fact indicates cooperative or complex
adsorption with molecules that tend to be adsorbed in rows or groups. In celluloses,
where free radical ions were involved in the adsorption, such as those present in this
adsorbent, the solutes formed bonds with aromatic nuclei or their surroundings. Similarly,
for the Pb isotherms at 25, 30, and 40 ◦C, the S-2 type can be described. The shapes of
isotherms suggested one orientation of the adsorbed molecules stacked on the adsorbent’s
surface. The polymeric hydrocarbons in this material clearly cannot have simple surfaces
because of their complex three-dimensional structures. Nevertheless, they produce S-
curves. The cause is not, in this case, competition with water in the solvent, but it is
possibly promoted by some form or interlocking of the adsorbed molecules [92,93]. Being
classified in subgroup 2 indicates that monolayer capacity has reached its maximum.
The plateau’s height determines the surface cover for each solute molecule; additionally,
electrostatic forces were involved in the adsorption. As seen in Figure 11, the length of
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the plateau showed an exposed surface, which easily attracted Cd and Pb ions. In nearly
all cases, the isotherms have the S-shape. The adsorption sites appear to be isolated and
negatively charged atoms.

A comparison of the maximum experimental adsorption capacities with similar adsor-
bents are shown in Table 4 for Cd and Pb. Differences in experimental conditions have been
considered when comparing with other adsorbents. The advantage of using FeNP/NFC as
an adsorbent is significant, and it can be observed that, compared with the other materials,
it is highly efficient for removing Cd and, especially, Pb ions.

The adsorption capacities of synthesized nanocomposites in this study can be com-
pared to other available adsorbents. Prasher et al. [94] indicated that the Pb(II) adsorption
capacity obtained for the red algae biosorbent was superior compared to Cd(II) under
similar experimental conditions. In some studies, this sorption behavior was also explained
by the concepts of ionizing radio, electronegativity, and ion charge.

Table 4. Cd and Pb adsorption capacities of different adsorbents.

Adsorbent
qe exp. (mg/g) Temperature

(◦C)
pH Adsorbent

Mass (g)
Solution

Volume (mL) Reference
Cd Pb

FeNP/NFC
12.538 81.406 25 5 0.05 10

This study13.737 89.221 30 5 0.05 10
14.489 89.088 40 5 0.05 10

Magnetic Bauhinia 0.83 14.14 25
5 2 50 [4]purpurea (Kaniar) 0.86 1.02 30

powders 2.20 1.35 40

Biochar (waste
agro-industry)
FeSO4·7H2O

38.3 to 75.3 179-311 25 5 0.04 20 [95]

Banana peels 5.71 2.18 25 3 1.5 50 [96]

Polymer-modified
magnetic

nanoparticles
29.6 3.103 25 1 to 8 0.05 50 [97]

Chitosan/iron oxide
nanocomposite 4.106 3.795 25 3 0.05 20,000 [98]

Sugar beet pulp 0.98 1.00 25 5 0.4 20 [99]

Sawdust (Fe3O4/SC)
63 –

27 6.5
0.4

50 [100]22 – 1.2
25 – 2

Fe3O4 nanoparticles
onto cellulose

acetate nanofibers
– 44 27 6 0.1 50 [101]

Biochar from agro-industrial wastes (nut shield, wheat straw, grape stalk, grape husk,
and plum stone) was evaluated by Trakal et al. [95]. The results indicated that this material
was strengthened after Fe oxide impregnation, increasing Cd and Pb sorption capacities.
Such higher capacities were attributed to the surface complexation of metals with carboxyl
and hydroxyl functional groups. In this case, Pb’s adsorption capacity was higher than that
of Cd, with different experimental conditions.

3.3. Thermodynamic Parameters

The analysis of these parameters allows the estimation of the feasibility of the ad-
sorption process and the effect of temperature. The results of ∆H and ∆S were obtained
from the slope and intercept of the graph lnKc versus 1/T (Figure 12), using isotherm data.
Parameters ∆G◦, ∆H◦, and ∆S◦ for the metal ions adsorption with FeNP/NFC are listed in
Table 5.
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Table 5. Thermodynamic parameters for Pb and Cd adsorption on FeNP/NFC.

Metal Ions
∆G◦ (kJ/mol)

∆H◦ (kJ/mol) ∆S◦ (KJ/mol K)
25 ◦C 30 ◦C 40 ◦C

Cd −64.339 −64.904 −66.031 −30.701 0.1128
Pb −73.704 −74.250 −75.339 −41.222 0.1089

The negative values of ∆G indicate a spontaneous reaction of the adsorption process
for the FeNP/NFC. However, only a slight decrease in Pb and Cd maximum adsorption
capacities was observed as temperature increased. Therefore, a large amount of heat was
consumed for the Pb and Cd ions to transfer from water into the surface of FeNP/NFC [26].
The ∆H◦ results are negative for both cations, indicating that the adsorption process is
exothermic; the values of ∆H◦ < 0 and ∆S > 0 imply that it is spontaneous at all temperatures.
The positive value of ∆S suggests an increased disorder in the system during the process of
adsorption. A redistribution of energy between the heavy metals and FeNP/NFC occurred,
which suggests increasing randomness with structural or solvation changes occurring at
the solid/liquid interface [4]. Acidic functional groups in the adsorbent, such as carboxylic
and carboxylate, decreased. The solvent–sorbent interactions were similar; therefore, the
change in entropy decreased [59].

3.4. Adsorption Mechanism

A possible mechanism of nanoparticle formation is illustrated in Figure 13. Ferric
chloride hexahydrate hydrolyzes to form the ferric hydroxide, releasing H+. The leaves
extract partially reduces the ferric hydroxide to form NPs. Small Fe2O3 crystals were
formed and placed at the coordination sites in a monodisperse form on the carrier. Physical
or thermodynamic principles can also contribute to nanocrystals’ self-assembly [3]. They
can provide heterogeneous coordination or nucleation sites needed to form complexes
with the ion. The aldehyde groups of the extract oxidize the cellulose material’s corre-
sponding structures [102,103]. The predominant flavonoids and polyphenols identified
in the Moringa leaf extracts include rutin, kaempferol or isorhamnetin, isothiocyanates,
chlorogenic acid, and quercetin-malonyl-glucoside. All these processes contribute to metal
ion reduction [39,52]. The free radical scavenging activity of Moringa oleifera Lam leaf
has been reported to be higher than synthetic antioxidant counterparts such as butylated
hydroxytoluene (BHT), rutin, and ascorbic acid [51].
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Figure 13. Schematic diagram of iron nanoparticle formation.

Cellulose nanofibers (NFCs) contain cellulose, simple sugars, and carbonaceous com-
pounds that can bind to heavy metals. In nanoparticle synthesis, various compounds such
as secondary metabolites and phytochemicals (phenolics, flavonoids, and fatty acids) have
been introduced; these contribute to the metals’ adsorptions. The significant importance
of the polymeric matrix support and the nanoparticles’ green synthesis processes can be
attributed to carbonyl’s complexation capacity with the metal ions. Therefore, it is observed
that carbonyls are partially converted into carboxylic anions [97]. The FTIR confirmed this
conversion in NFC and FeNP/NFC samples where functional groups such as carbonyl
(-C=O), carboxylate (-COO), carboxyl (-COOH) in the range from 1000 to 1640 cm−1 are
shown. These functional groups contribute to the adsorption mechanisms in the CdRM
and PbRM samples of the FTIR spectra. They showed a significant reduction in the 1270,
1268, and 1610 cm−1 peaks of the carboxyl group (-COOH). Other groups also participated,
such as the sulfonic group (-SO) with a band at 1059 cm−1, iron hydroxide group (-FeOH)
at 1023 cm−1, and iron oxide group (-FeO) at 601 cm−1.

The overall mechanism is a solid–liquid interfacial reaction, where Cd2+ and Pb2+ are
represented as the metal ions (M2+), Figure 14:

The mechanism for removing Pb2+ and Cd2+ ions was adsorption onto metallic oxides
and nonmetallic sites through ion exchange, electrostatic bonds, and hydrogen bridge
bonds. Some oxides (MgO, SiO2, SO3, Fe2O3) cause ligand chelation due to oxygen in the
range from 4.5 to 5 pH used in these experiments (Figure 14b). The negative charge of
the adsorbent, independently of the solution’s pH, helps in the adsorption of these ions.
These factors contribute to the formation of internal and external complexes by the various
hydroxyl (-OH) groups present in the material, as shown in Figure 14c,d [56]. Electrostatic
interactions would only occur with the weakest bound cations (Figure 14a). Hydroxyl
(-OH) groups close to carboxyl (-COOH) groups would participate in the complexation of
the highly bound cations and allow at least two functional carboxyl groups to contain a
divalent cation.
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Figure 14. Metal ion (M2+) adsorption mechanisms on composite adsorbent: (a) electrostatic interactions, (b) ionic bond
formation, (c) internal sphere complexes formation, (d) external sphere complexes formation. [3,56,85,102,103].

The inner-sphere complex is formed by a covalent bond between the oxide’s oxygen
on the adsorbent’s surface (-FeO) or the polymer’s oxygen with the metal ion (M2+).
These possible mechanisms cause the loss of protons to the solutions, reducing the pH.
Monodentate and bidentate complexes are formed depending on the presence of hydroxyl
groups (Figure 15). The outer-sphere complex is formed when water is present between the
adsorbed metal ion and the hydroxyl group on the iron (Fe-OH) surface. This complex can
be distinguished because the bond is weaker than the inner-sphere complexes that form an
electrostatic bond between the metal ions and the functional groups on the surface [3].
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The Kraft pulping and acid hydrolysis processes formed the anionic sulfonated cellu-
lose derivatives, where the oxidation of the cellulose and sulfonation with the reagents used
in these processes occurs. Material modifications, such as mercerization or sulfurization,
increase the adsorption capacity of lignocellulosic materials. Sulfonated nanocelluloses
have a large number of binding sites due to the different surfaces observed in the mate-
rial. The participation in the adsorption of the sulfonic groups was important, as well
as the carboxyl or hydroxyl groups. Sulfur forms complexes with ligands with a more
covalent character instead of ionic, where metal ions (M2+) bind with two oxygenates to
form complexes, as illustrated in Figure 16a:
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The exchange of metal ions (M2) with H+ ions of hydroxyl groups on the surface occurs
because the cations in the aqueous solutions are hydrated; therefore, they are attracted
to the surface’s functional group of interest. Mg2+ can participate in the adsorption. This
result indicates that the magnesium ions, which were part of the MgO crystals in the
FeNP/NFC composite, exchange with the M2+ during adsorption—Figure 16b [67]. As
with many other adsorbent materials, there is the possibility that two or more mechanisms
are involved in adsorption, as there are several active groups in FeNP/NFC.

The amino group on NFC, as mentioned above, influences the mechanism of lead
removal. Metal ions can interact and bind with two binding sites on the surface [104].
There seems to be a significant impact on the ionization ability of –NH by pH, which affects
the adsorption capacity of target ions. H+ concentration is high in solution when pH is low;
thus, –NH of material is protonated in this environment. This behavior will enhance the
electrostatic attraction of anions, further increasing target ions’ adsorption capacity [105].

4. Conclusions

Having Fe nanoparticles on the FeNP/NFC composite improved Cd and Pb selectivity
during removal processes. The various chemical reaction processes (carboxymethyla-
tion, oxidation, hydrolysis, and sulfonation) occurred during the Kraft process, and acid
hydrolysis increased the composite’s heterogeneous surface. The chemical structure of
the FeNP/NFC surface (adsorption sites and hydroxyl coordination) depends on the ox-
ides’ morphologies and the crystal structure. The high content of minerals or inorganic
substances does not interfere with the adsorption process; otherwise, they helped to func-
tionalize the material and diversify the adsorption mechanisms. Cd and Pb ions’ speciation
in an aqueous solution at pH 5 affects and determines the charge that will allow adsorption.
As seen in the zeta potential results, the composite is negatively charged, so cations were
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easily adsorbed. Cd and Pb sorption mechanisms are related to electrostatic interactions,
hydrogen bonding, and ion exchange with biopolymer structures. The strong electro-
static interactions between the -OH ions and the carboxyl groups were essential to form
inner-sphere and outer-sphere complexes in the material. The thermodynamic results
indicate that both processes have exothermic reactions which are irreversible and stable.
The pseudo-first-order model describes Pb sorption kinetics well. Still, the Elovich equation
was also a good model to describe Cd sorption kinetics. Based on the adsorption capacities
obtained in this study, FeNP/NFC can be considered as a highly efficient adsorbent to
remove these ions from aqueous solutions, particularly for Pb.
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Abstract: In this study, a novel zeolite (K-type zeolite) was synthesized from coal fly ash (FA),
and adsorption capacity on Pb2+ was assessed. Six types of zeolite (FA1, FA3, FA6, FA12, FA24,
and FA48) were prepared, and their physicochemical properties, such as surface functional groups,
cation exchange capacity, pHpzc, specific surface area, and pore volume, were evaluated. The quantity
of Pb2+ adsorbed by the prepared zeolites followed the order FA < FA1 < FA3 < FA6 < FA12 < FA24 <

FA48. Current results indicate that the level of Pb2+ adsorbed was strongly related to the surface
characteristics of the adsorbent. Additionally, the correlation coefficient between the amounts of Pb2+

adsorbed and K+ released from FA48 was 0.958. Thus, ion exchange with K+ in the interlayer of FA48
is critical for the removal of Pb2+ from aqueous media. The new binding energies of Pb(4f) at 135
and 140 eV were detected after adsorption. Moreover, FA48 showed selectivity for Pb2+ adsorption
in binary solution systems containing cations. The results revealed that FA48 could be useful for
removing Pb2+ from aqueous media.

Keywords: K-type zeolite; fly ash; lead; adsorption

1. Introduction

In recent years, issues faced by the aquatic environment, such as water wastage (Goal 6)
and the presence of plastic bags in the ocean (Goal 14), have become major concerns for sustainable
societal development [1]. Several heavy metals have been contaminating the aquatic environment
through human activities, which are non-biodegradable and accumulate in the ecosystem via the food
chain, causing various health problems and diseases [2]. Among these heavy metals, lead (Pb2+),
mercury (Hg2+), and cadmium (Cd2+) have been defined as the “big three” harmful heavy metals posing
the greatest threat to humans, animals, and the environment [3,4]. Numerous studies have previously
identified a relationship between Pb2+ exposure and human health impacts, such as neurotoxicity,
cardiovascular problems, kidney damage, hormonal imbalances, and decreased musculoskeletal
function [5,6]. Pb2+ has been classified by the International Agency for Research on Cancer as Group 2B
which is possibly carcinogenic to humans. Additionally, drinking water problems involving Pb2+ have
occurred in several countries [7–10]. Therefore, the World Health Organization and U.S. Environmental
Protection Agency have established maximum permissible Pb2+ contents for drinking water of 0.01 and
0.015 mg L−1, respectively. Thus, the removal of Pb2+ from aqueous media is an important global issue.
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In Japan, the demand for coal-fired power plants increased after the Fukushima Daiichi Nuclear
Power Station accident in 2001. Coal fly ash, a byproduct of coal combustion, is produced from coal-fired
power plants (approximately 11.5 million tons in Japan in 2017) [11]. Approximately 750 million
tons of coal fly ash are produced globally, and only 25% of this ash is recycled in cement, concrete,
soil conditioner, and fertilizer materials [12–14]. Therefore, a recycling technology for coal fly ash
must be developed to utilize its unused value [14]. SiO2, Al2O3, and Fe2O3 were identified as the
major chemical components of coal fly ash. Various studies have previously reported the adsorption
capability of heavy metals using coal fly ash; however, they suggested a lower adsorption capacity
than that of conventional adsorbents [15,16].

Different activation methods have been modified and developed to improve the adsorption
capacity of coal fly ash [17]. Such methods include the conversion of coal fly ash to zeolite named
hydrothermal activation, which is useful for decreasing the amount of coal fly ash and preparing an
adsorbent with a high adsorption capacity for heavy metals. Zeolite is a general term for crystalline
hydrous aluminosilicate, which consists of a three-dimensional network structure of SiO4–AlO4

tetrahedrons with Si and Al as basic constituents. Their structures contain channels and cavities
of different sizes with unique physicochemical properties, such as their adsorption, ion exchange,
molecular sieving, and catalytic abilities [18–21]. Additionally, the physicochemical properties of
zeolite prepared from coal fly ash following the activation using hydrothermal technique are directly
affected by certain parameters, such as the coal fly ash composition, alkaline solution concentration,
reaction temperature, time, and pressure, volume ratio of the alkaline solution, and amount of coal
fly ash [14,22–24]. Therefore, suitable conditions for preparing zeolite from coal fly ash generated by
coal-fired power plants in Japan must be identified. Our previous studies elucidated the composition
of coal fly ash generated from the Tachibana-Wan Thermal Power Station in Japan [25]. Moreover,
Na-type zeolite could be produced from coal fly ash, and adsorption capability on heavy metals
was studied and evaluated [26]. Additionally, various previous studies have also investigated the
adsorption of Pb2+ from aqueous media using industrial/agriculture wastes such as wool, sawdust,
sugar beet pulp, and Azadirachta indiea (Neem) leaf [27–30]. However, the physicochemical properties
of other types of zeolite produced from coal fly ash generated by the Tachibana-wan Thermal Power
Station and its heavy metals adsorption capacity have not yet been reported.

Sodium hydroxide is often used in the conversion of FA into zeolite by hydrothermal activation,
and the ion in the prepared zeolite can then be exchanged with sodium ions in aqueous media.
Some studies have already reported the synthesis and characterization of zeolite prepared from FA
using a sodium hydroxide solution [12,18,19,23,24,26]. However, few have been conducted on the
synthesis and physicochemical properties of zeolite prepared from fly ash using potassium hydroxide
solution. The preparation of K-type zeolite from coal ash for use as a fertilizer in the agricultural field
has been reported [14]. However, those studies did not sufficiently evaluate the adsorption capacity
for heavy metals. Additionally, the cation exchange capacity (ion exchange capacity) in zeolite is one
of the most important adsorption mechanisms. This indicates that sodium ion (or potassium ion)
is exchanged with cation (Pb2+ in this study) using Na-type zeolite (or K-type zeolite). The ionic radii
of sodium ion and potassium ion are 1.80 and 2.20 Å, respectively. In addition, the (hydrate) radii
of lead ion is over 1.8 Å [17,31]. Therefore, it was expected that K-type zeolite would be useful for
removal of Pb2+ from aqueous solution compared to Na-type zeolite.

Therefore, the aim of this study was to synthesize K-type zeolite from coal fly ash following
the activation using hydrothermal technique and evaluate adsorption capability on Pb2+ from
aqueous media. The influences of various parameters including initial concentration, temperature,
pH, contact time, and selectivity were additionally explored, and the Pb2+ adsorption mechanism of
K-type zeolite was elucidated.
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2. Materials and Methods

2.1. Materials and Chemicals

Standard solutions of Pb2+ (Pb(NO3)2 in 0.1 mol L−1 HNO3), Na+ (NaCl in water), Mg2+ (Mg(NO3)2

in 0.1 mol L−1 HNO3), K+ (KCl in water), Ca2+ (CaCO3 in 0.1 mol L−1 HNO3), Ni2+ (Ni(NO3)2 in
0.1 mol L−1 HNO3), Cu2+ (Cu(NO3)2 in 0.1 mol L−1 HNO3), Zn2+ (Zn(NO3)2 in 0.1 mol L−1 HNO3),
Sr2+ (SrCO3 in 0.1 mol L−1 HNO3), and Cd2+ (Cd(NO3)2 in 0.1 mol L−1 HNO3), potassium hydroxide,
nitric acid, and sodium hydroxide were purchased from FUJIFILM Wako Pure Chemical Co., Osaka,
Japan. Coal fly ash (FA, JIS Type-II) was obtained from the Tachibana-wan Thermal Power Station
(Shikoku Electric Power, Inc., Takamatsu, Japan). K-type zeolites were produced following a previously
reported method [32]. Briefly, FA (3.0 g) was mixed with 3-mol L−1 potassium hydroxide solution in
the volume of 240 mL. The reaction solution was then shaken and heated at 93 ◦C for 1, 3, 6, 12, 24,
and 48 h. Afterwards, the suspensions were filtered through a 0.45-µm membrane filter (Advantec
MFS, Inc., Tokyo, Japan), and obtained samples were washed with distilled water and then dried at
50 ◦C for 1 day. The samples heated for different durations were denoted as FA1, FA3, FA6, FA12, FA24,
and FA48, respectively.

2.2. Physicochemical Properties of the Adsorbents

The physicochemical properties of each adsorbent were analyzed as follows. The crystal structure
and morphology were analyzed using a MiniFlex II (Rigaku, Tokyo, Japan) and SU1510 (Hitachi Ltd.,
Tokyo, Japan), respectively. The specific surface area and pore volume were measured using a
NOVA4200e instrument (Yuasa Ionic, Kyoto, Japan). The cation exchange capacity (CEC) and pHpzc

were determined following the Japanese Industrial Standard Method (JIS K 1478: 2009) and the method
reported by Faria et al. [33]. The concentrations of acidic or basic functional groups in the adsorbents
were measured following the Boehm titration method [34]. Additionally, the binding energy was
analyzed using an AXIS-NOVA instrument (Shimadzu Co., Ltd., Kyoto, Japan). Finally, the solution
pH was measured using an F-73S digital pH meter (HORIBA, Ltd., Kyoto, Japan).

2.3. Adsorption Capacity of Pb2+

Each adsorbent (0.01 g) was mixed with 50 mL of the Pb2+ solution at 50 mg L−1 (pH 3.0).
The reaction solution was shaken at 100 rpm and 25 ◦C for 24 h, and then filtered through a 0.45-µm
membrane filter. The concentration of Pb2+ was measured using an iCAP-7600 Duo (Thermo Fisher
Scientific Inc., Tokyo, Japan). The quantity of Pb2+ adsorbed was calculated as the difference between
the Pb2+ concentrations before and after adsorption.

2.4. Effect of Initial Concentration, Temperature, pH, Contact Time, and Coexisting Ions on Pb2+ Adsorption

First, 0.01 g of FA48 was mixed with a 50-mL Pb2+ solution at concentrations of 10, 20, 30, 40,
and 50 mg L−1 (the concentration range was determined by ecological risk assessment of sediment
and total concentrations of heavy metals in sewage sludge from wastewater discharging area) [35–37].
The reaction solution was shaken at 100 rpm and 7, 25, and 45 ◦C for 24 h using water bath shaker
MM-10 (TAITEC Co., Nagoya, Japan), and then filtered through a 0.45-µm membrane filter. Second,
to evaluate the pH, 0.01 g of FA48 was mixed with 50 mL of a Pb2+ solution at concentrations of 10,
30, and 50 mg L−1. The pH of the solution was adjusted between 2, 3, 5, 7, and 9 using nitric acid or
sodium hydroxide solutions. The reaction solution was then shaken at 100 rpm and 25 ◦C for 24 h.
To evaluate the contact time, 0.01 g of FA48 was mixed with 50 mL of a Pb2+ at a concentration of
50 mg L−1. The reaction solution was then shaken at 100 rpm and 25 ◦C for 0.5, 1, 3, 6, 18, 21, 24, 30, 42,
and 48 h. The quantity of Pb2+ adsorbed in each case was calculated as described above, and the data
are presented as the mean ± standard deviation. Additionally, to evaluate the adsorption mechanism,
the quantity of K+ released from FA48 in the adsorption isotherm experiment was also measured using
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an iCAP-7600 Duo device. Finally, to evaluate the Pb2+ adsorption selectivity of the zeolite, 0.01 g of
FA48 was mixed with 50 mL of a binary solution system at a concentration of 10 mg L−1 (Pb2+ and
Na+, Mg2+, K+, Ca2+, Ni2+, Cu2+, Zn2+, Sr2+, or Cd2+). The reaction solution was shaken at 100 rpm
and 25 ◦C for 24 h. The concentration of each metal was measured using an iCAP-7600 Duo device.
The quantity of each metal adsorbed was also calculated based on the differences in concentration
before and after adsorption.

3. Results and Discussion

3.1. Physicochemical Properties

Zeolite is a highly porous aluminosilicate containing various channels and cavities. Ion-exchangeable
cations, such as sodium, potassium, and calcium were used to balance the negative charge [21,38].
The scanning electron microscopy (SEM) images of each zeolite are shown in Figure 1. Spherical particles
with different diameters were observed in FA. The spheres and agglomerates of FA1, FA3, FA6, and FA12
could be maintained, and some changes on the surfaces of each type of FA were observed under
the tested experimental conditions. The spheres and agglomerates of FA24 and FA48 significantly
changed to different crystal shapes and their particle sizes decreased. The synthesis of zeolite from fly
ash involves three steps, i.e., dissolution, condensation, and crystallization [39]. Similar trends were
observed in previous studies [12,17].
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The X-ray diffraction (XRD) patterns of the samples are shown in Figure 2. The FA was composed
of quartz (SiO2) and mullite (3Al2O3·2SiO2), and no significant changes in the XRD patterns of FA, FA1,
FA3, FA6, and FA12 under our experimental conditions were observed. However, the structure of Zeolite
F ((K13.5Si10Al10O40)(OH)3·13H2O) appeared in FA24 and FA48, indicating that FA was converted into
zeolite. Less time was required to convert FA into zeolite using sodium hydroxide (approximately 6 h)
than that required when using potassium hydroxide (approximately 24 h). Trends similarly were
observed in a previous study [14]. The physicochemical properties of the adsorbents are shown
in Table 1, and the concentrations of basic functional groups of FA24 and FA48 were higher than
those of the other adsorbents. However, the concentrations of acidic functional groups decreased
with raising the time of alkaline activation. The pHpzc were not significantly different between the
different types of FAs in this study. The CEC and pore volume (d ≤ 20 (Å)), which greatly influence
the adsorption capacity, of FA24 and FA48 were 12.4–26.4 times and 100 times higher than those of
other FAs, indicating that the hydrothermal activation method significantly affected the CEC and pore
volume (d ≤ 20 (Å)) under our experimental conditions. Additionally, the specific surface area and
pore volume (such as 20 < d ≤ 500 (Å), total, and mean pore diameter) of FA6 and FA12 were higher
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than those of the other FAs. Our previous study reported the characteristics of Na-type zeolite [26],
and the CEC and pore volume (d ≤ 20 (Å)) of the K-type zeolite prepared in this study exceeded those
of the Na-type zeolite. Thus, hydrothermal activation using FA and potassium hydroxide was useful
for producing novel zeolites to remove metals from aqueous media.
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Table 1. Physicochemical properties of adsorbents.

Adsorbents FA FA1 FA3 FA6 FA12 FA24 FA48

Concentration of basic functional
groups (mmol g−1) 0 0.41 0.77 1.38 1.36 1.48 1.43

Concentration of acidic functional
groups (mmol g−1) 0.10 0.24 0.30 0.31 0.31 0.24 0.24

CEC
(mmol g−1)

pH 5 0.34 1.98 1.17 1.63 2.27 7.90 8.98
pH 10 0.19 0.65 1.55 2.09 3.46 11.17 11.17

pHpzc 9.8 9.3 9.3 9.5 9.7 10.4 10.4
Specific surface area (m2 g−1) 1.4 15.1 31.5 53.3 54.5 50.3 47.3

Pore volume
(µL g−1)

d ≤ 20 (Å) 0.1 0.9 0 0.5 0.2 10.0 10.0
20 < d ≤ 500 (Å) 2.0 41.9 97.4 161.5 185.0 105.0 99.0

Total 2.2 63.0 139.0 221.0 220.0 151.0 131.0
Mean pore diameter (Å) 57.0 167.2 176.7 165.9 161.6 120.1 110.7

3.2. Adsorption Capacity of Pb2+

FA, FA1, FA3, FA6, FA12, FA24, and FA48 adsorbed 1.04, 1.45, 4.87, 8.11, 13.54, 54.29,
and 55.53 mg g−1 of Pb2+, respectively. The relationships between the quantity of Pb2+ adsorbed and
the parameters in Table 1 were statistically assessed (Table 2), and the correlation coefficients value
between the level of Pb2+ adsorbed and CEC, pHpzc, and pore volume (d ≤ 20 (Å)) were positive, at
0.986–0.999, 0.921, and 0.980, respectively. Therefore, these properties have the greatest influence on the
Pb2+ adsorption capacity in solution. Additionally, FA24 and FA48 adsorbed more Pb2+ than Na-type
zeolite (approximately 30 mg g−1) under the same experimental conditions [26]. This is because K-type
zeolite has a high CEC and pore volume (d ≤ 20 (Å)) than Na-type zeolite. In this study, FA48 was
selected to study and evaluate the adsorption capability on Pb2+ in the following experiments.

3.3. Pb2+ Adsorption Isotherms

The Pb2+ adsorption isotherms are shown in Figure 3. The quantity of Pb2+ adsorbed increased with
raising initial concentration. Amount adsorbed was 2.0 times (7 ◦C), 2.36 times (25 ◦C), and 2.44 times
(45 ◦C) raised from 10 to 50 mg L−1 of initial concentration. Additionally, the quantity of Pb2+ adsorbed
also increased with raising temperature, thereby indicating that Pb2+ adsorption using FA48 was
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endothermic. In this study, the distribution of Pb2+ between the aqueous media and FA48 was
described using adsorption isotherms based on a set of assumptions related to the heterogeneity or
homogeneity of the FA48 [24]. Thus, two useful isotherm models, i.e., Freundlich and Langmuir,
were selected [40,41]. The Freundlich isotherm model is applicable to adsorption onto heterogeneous
surfaces, whereas the Langmuir isotherm is applicable to monolayer and homogeneous adsorption [17].
The Freundlich and Langmuir models are described by Equations (1) and (2), respectively:

log q =
1
n

log Ce + log k, (1)

1/q = 1/(WsaCe) + 1/Ws, (2)

where q is the quantity of Pb2+ adsorbed (mg g−1), Ce is the equilibrium concentration (mg L−1), and k
and n are the adsorption capacity and intensity, respectively. Moreover, Ws is the maximum quantity
of adsorbed Pb2+ (mg g−1), and a is the coefficient reflecting the relative sorption and desorption
rates at equilibrium (L mg−1). The Freundlich and Langmuir constants for the adsorption of Pb2+

are summarized in Table 3. In this study, the isotherm data were fitted to both the Freundlich
(correlation coefficient: ≥0.991) and Langmuir (correlation coefficient: ≥0.960) models. The maximum
adsorption capacity (Ws) of Pb2+ increased with raising temperature, thereby indicating that the
adsorption of Pb2+ by FA48 is an endothermic process (Figure 3). Additionally, when the value of
1/n is 0.1–0.5, adsorption readily occurs. However, when the value of 1/n exceeds 2, adsorption is
difficult [42]. Herein, the value of 1/n was 0.30–0.32, and the adsorption of Pb2+ using FA48 in aqueous
solutions were more favorable.

Table 2. Correlation coefficients between quantity adsorbed and physicochemical properties.

Adsorbents FAs

Concentration of basic functional groups (mmol g−1) 0.677
Concentration of acidic functional groups (mmol g−1) 0.044

CEC
(mmol g-1)

pH 5 0.986
pH 10 0.999

pHpzc 0.921
Specific surface area (m2 g−1) 0.549

Pore volume
(µL g−1)

d ≤ 20 (Å) 0.980
20 < d ≤ 500 (Å) 0.201

Total 0.227
Mean pore diameter (Å) 0.262

To evaluate the adsorption mechanism of Pb2+ using FA48, the relationships between the
quantities of Pb2+ and K+ adsorbed by and released from FA48 were explored, respectively (Figure 4A).
The correlation coefficient was positive at 0.958 under our experimental conditions, suggesting that ion
exchange was involved in the adsorption of Pb2+. As mentioned above, the correlation coefficient of the
relationship between the quantity of Pb2+ adsorbed and the CEC value was 0.986–0.999, demonstrating
that ion exchange was involved in the removal capacity on Pb2+ from aqueous media. A similar result
was achieved using Na-type zeolite in a previous study [26]. Additionally, the binding energies of lead
before and after adsorption were measured (Figure 4B). New peaks of Pb(4f) were detected at 135 and
140 eV after adsorption, indicating that Pb2+ was adsorbed onto the surface of FA48 in this study. Thus,
the surface properties of FA48 are vital in the removal ability on Pb2+ from aqueous media, and these
results agree with those in Table 2.
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Table 3. Langmuir and Freundlich constants for the adsorption of Pb2+.

Adsorbent
Temperatures

(◦C)

Langmuir Constants Freundlich Constants

Ws
(mg g−1)

a
(L mg−1) r logk 1/n r

FA48
7 74.1 0.20 0.982 1.38 0.30 0.994

25 98.0 0.24 0.987 1.51 0.30 0.997
45 102.0 0.25 0.960 1.52 0.25 0.960
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3.4. Effect of pH on Pb2+ Adsorption

The solution pH is critical for determining the capacity of Pb2+ adsorption from aqueous media.
Figure 5 exerts the effect of pH on the adsorption of Pb2+. The quantity adsorbed increased as the pH
raised from 2 to 5 under our experimental conditions. Above pH 5, the adsorption capacity decreased
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sharply. Under acidic conditions, the FA48′s surface will be covered with protons (H+), with which
Pb2+ competes for adsorption sites. A previous study reported that zeolite could preferentially adsorb
H+ from aqueous media also containing heavy metal ions [43]. The edge groups with a positive charge
(Al-OH2

+ and Si-OH2
+) on the FA48 surface are explained below [44].

-AlOH + H2O (H+ + OH−)→ -AlOH2
+ + OH−

-SiOH + H2O (H+ + OH−)→ -SiOH2
+ + OH− (3)
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Thus, electrostatic repulsion easily occurred between them, and it was also difficult for ion
exchange to occur between Pb2+ and K+ in aqueous media. As the pH increased, the deprotonation
of hydroxyl groups increased, indicating that the number of anionic sites (adsorption sites) on FA48
increased, thereby contributing to the adsorption of Pb2+ [17]. However, this did not increase the
removal percentage of Pb2+ beyond pH 6.0 in our experimental condition. The forms of Pb2+ in
the solution are Pb2+, Pb(OH)+, Pb(OH)2, Pb(OH)3

−, Pb(OH)4
2−, Pb2(OH)3

+, and Pb3(OH)4
2+ [45],

and the predominant species of Pb2+ at pH < 7 are Pb2+ and Pb(OH)+, whereas Pb(OH)2, Pb(OH)3
−,

and Pb(OH)4
2− are the main forms of Pb2+ at pH > 7–8. Thereby the complexion between free Pb2+

available and FA48 surface was not occurred in our experimental condition. Similar trend was reported
by a previous study [46]. Additionally, there is deprotonation as basicity increases beyond pH 6.0 [46],
suggesting that electron repulsion occurred between the dissolved negatively charged Pb species and
the negatively charged surface of FA48. Thus, the Pb2+ adsorption capacity decreased under basic
conditions. However, further studies are necessary for elucidate the effect of pH on the adsorption of
Pb2+ using FA48 from aqueous media in detail.

3.5. Effect of Contact Time on Pb2+ Adsorption

The effect of contact time on the adsorption capability of Pb2+ is shown in Figure 6.
The adsorption equilibrium was attained within approximately 6 h under our experimental conditions.
Kinetic experiments were conducted to indicate the rate of adsorption and the potential of the
rate-limiting step [2]. The pseudo-first-order (Equation (4)) and pseudo-second-order (Equation (5))
models were employed to evaluate these factors and can be described as follows [47,48].

ln(qe,exp − qt) = lnqe,cal − k1t, (4)
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t
qt

=
t

qe,cal
+

1
k2 × qe,cal

2 , (5)

where qe,exp and qe,cal are the quantities of Pb2+ adsorbed in the experiment and calculation (mg g−1),
and k1 and k2 are the pseudo-first-order (h−1) and pseudo-second-order (g mg−1 h−1) rate constants,
respectively. The rapid adsorption during the initial stage was due to the availability of adsorption sites
on FA48. Afterwards, the adsorption equilibrium may have been reached due to the limited mass transfer
of Pb2+ from the bulk liquid phase to the external surface of FA48 [24]. Similar trends were reported
in previous studies [49,50]. Table 4 summarizes the kinetic constants of the pseudo-first-order and
second-order models. The kinetic data fitted to the pseudo-second-order model (correlation coefficient:
0.998) better than the pseudo-first-order model (correlation coefficient: 0.602). Therefore, the adsorption
mechanism of Pb2+ using FA48 in this study may be chemisorption. Additionally, the value of qe,exp

(99.5 mg g−1) was similar to that of qe,cal (98.0 mg g−1) in the pseudo-second-order model. Thus,
chemical adsorption, one of the adsorption mechanisms, could be the rate-limiting step in the
adsorption of Pb2+ using FA48 [3].
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Table 4. Kinetic parameters for the adsorption of Pb2+.

Adsorbent qe,exp

Pseudo-First-Order Model Pseudo-Second-Order Model

k1
(h−1)

qe,cal
(mg g−1) r k2

(g mg−1 h−1)
qe,cal

(mg g−1) r

FA48 99.5 0.057 19.7 0.602 0.010 98.0 0.998

3.6. Effect of Coexisting Ions on Pb2+ Adsorption

In this study, the effect of coexisting ions on the adsorption capability of Pb2+ using FA48
was demonstrated in Table 5. Na+, Mg2+, K+, Ca2+, Ni+, Cu2+, Zn2+, Sr2+, and Cd2+ were
selected as the components of the binary solution system, which exist in aquatic environments
or wastewater from factories (human activities) [38,51]. The adsorption percentage of Pb2+ using FA48
in a single solution system was 75.7%. The Pb2+ adsorption selectivity of FA48 in a binary solution
system (adsorption percentage was approximately >60.7%) exceeded that of other cations under our
experimental conditions. These results indicate that the adsorption capacity of FA48 was influenced by
cationic factors, such as charge density and hydrate ion diameter, and the accessibility of the active
sites of FA48 [51]. The radius of hydrated ions and electronegativity of Pb2+ exceed those of other
cations, such as Ni2+, Cu2+, Cd2+, and Zn2+. Similar trends were reported in previous studies [38,51].
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Additionally, the adsorption capacity of cations excluding Pb2+ was significantly lower than that of
Pb2+ in this study. Thus, FA48 is useful for the selective removal of Pb2+ from aqueous media.

Table 5. Adsorption capacity of Pb2+ in binary solution system.

Components in Binary Solution Removal Percentage of Pb2+ (%) Removal of Other Cations (%)

Pb2+ + Na+ 60.7 0.2
Pb2+ + Mg2+ 69.4 0

Pb2+ + K+ 75.7 0
Pb2+ + Ca2+ 62.4 0
Pb2+ + Ni+ 73.2 0

Pb2+ + Cu2+ 62.7 3.7
Pb2+ + Zn2+ 63.7 0.9
Pb2+ + Sr2+ 70.0 0.7
Pb2+ + Cd2+ 64.4 4.1

4. Conclusions

In this study, K type-zeolite (FA48) was synthesized from coal fly ash. The CEC, pHpzc, and pore
volume (d ≤ 20 (Å)) of FA48 were higher than those of other zeolites. Additionally, the quantity of
Pb2+ adsorbed using FA48 (55.53 mg g−1) exceeded that of other zeolites. The adsorption of Pb2+ was
related to physicochemical properties, such as the CEC (0.986–0.999), pHpzc (0.921), and pore volume
(d ≤ 20 (Å)) (0.980). The relationship between the amounts of Pb2+ and K+ adsorbed by and released
from FA48 was 0.958, respectively. Thus, ion exchange with K+ in the interlayer of FA48 is strongly
related to the adsorption capacity. Furthermore, the binding energy of lead at 135 and 140 eV could be
detected after adsorption, indicating that the adsorbent’s surface characteristics were critical for the
removal of Pb2+ from aqueous media. The adsorption isotherms and kinetics data demonstrated that
the adsorption of Pb2+ using FA48 was an endothermic process. Finally, FA48 exhibited selectivity
for Pb2+ adsorption from a binary solution system containing cations. These results provide useful
information for the recycling of coal fly ash and the removal of Pb2+ from aqueous media.
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Abstract: This study investigates the impact of eggshell particle size and solid-to-water (s/w) ratio on
lead (Pb2+) removal from aqueous solution. Collected raw eggshells were washed, crushed, and sieved
into two particle sizes (<150 and 150–500 µm). Batch Pb2+ removal experiments were conducted at
different s/w ratios with initial Pb2+ concentrations of up to 70 mg/L. The contribution of precipitation
to Pb2+ removal was simulated by quantifying removal using eggshell water, whereas sorbed
Pb2+ was quantified by acid digestion. Results indicated that eggshell particle sizes did not affect
Pb2+ removal. High removal (up to 99%) of Pb2+ was achieved for low initial Pb2+ concentrations
(<30 mg/L) across all s/w ratios studied. However, higher removal capacity was observed at lower
s/w ratios. In addition, results confirmed that precipitation played a major role in the removal of
Pb2+ by eggshells. Yet, this role decreased as the s/w ratio and initial concentration of Pb2+ increased.
A predictive relationship that relates the normalized removal capacity of eggshells to the s/w ratio
was developed to potentially facilitate the design of the reactor.

Keywords: Pb2+ removal; sorption; precipitation; waste recycling; removal mechanisms;
solid-to-water ratio

1. Introduction

The presence of lead (Pb2+) in industrial wastewater has become a noteworthy source of water
pollution and poses a significant health hazard to humans [1]. Physiological damage to human kidneys,
liver, brain, and nervous system can happen as a result of ingesting levels of Pb2+ higher than the
body’s tolerance [2]. In addition, elevated levels of Pb2+ in the human body have been shown to have
negative health effects including fatigue, a decreased reproductive ability, problems in the digestive
tract, and anemia [1,3]. In fact, sterility, stillbirths, and neonatal deaths are associated with constant
exposure to Pb2+ [1]. Pb2+ poisoning is especially dangerous for children, as high levels of Pb2+

in the blood stream are associated with depression of brain development and cognitive skills [4–6].
Pb2+ poisoning can be contracted by humans through polluted drinking water, ingestion from food,
inhalation of contaminated dust, or occupational exposure [1,2,4,6–9]. It can infiltrate and contaminate
the water sources, and from there, contaminate every level of the food chain [1,2,10]. It has been
difficult to scientifically specify a level under which Pb2+ is no longer associated with negative health
effects, therefore many jurisdictions focus on the ability of treatment technologies to completely remove
Pb2+ from water. The maximum acceptable concentration of Pb2+ in drinking water is becoming more
stringent, with some jurisdictions assigning a level as low as 5 µg/L [11], while the US EPA has set the
maximum contaminant level goal for Pb2+ in drinking water at zero but an action level at 15 µg/L [12].
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Sources of Pb2+ in water originate mainly from industrial activities such as mining, smelting,
printing, and metal plating. In addition, manufacturing of batteries, paints, alloys, ceramic glass,
and plastics contribute to increased Pb2+ pollution in water bodies [1]. Wastewater from battery
manufacturing contains, on average, a Pb2+ content of 0.5–25 mg/L [13–16]. Regulations for industrial
effluent discharge or reuse vary considerably between different jurisdictions. Certain jurisdictions
specify a maximum Pb2+ level for discharge of effluent wastewater into the environment; this level can
be as low as 0.1 mg/L (Saudi Arabia and Oman) or as high as 1 mg/L (Tunisia) [17].

Several methods were proposed and investigated for the removal of Pb2+ from industrial
wastewater including ion exchange, filtration and membrane processes, electro-dialysis,
chemical precipitation, solvent extraction, and chemical coagulation [1,2]. In addition,
electrocoagulation, membrane electrodialysis, and biosorption were also employed for Pb2+

removal [14]. A widely used method for Pb2+ removal from industrial wastewater is to precipitate
Pb2+ with caustic soda at a pH 8.5–9.2 in the presence of Fe (III) salts, followed by the addition of a
polyelectrolyte, which facilitates the flocculation of the Pb2+ precipitate. The effluent is further treated
with sedimentation and filtration, after which the Pb2+ concentration is reduced to the legal allowable
limit [16]. Sorption by activated carbon is also a convenient and efficient treatment method. However,
the use of commercial activated carbon for sorption can be costly [18]. Therefore, there is an increasing
need to re-use biowaste in wastewater treatment [19]. Many studies have focused their efforts on
deriving substitute sorbents from waste materials, particularly agricultural waste [20]. This not only
helps to reduce the cost of sorbents, but it also helps recycle agricultural waste. Waste materials
that have been used for Pb2+ removal include: Chlorella vulgaris, chicken feathers reinforced with
chitosan, cow bone, leather, coconut shell, peach and apricot stones, Alocacée shell, Mimosaceae husk,
and Burseraceae sawdust [1,21–25].

Eggshells are an example of an agricultural waste that could be used for Pb2+ removal. In fact,
the per capita consumption of eggs in the United Arab Emirates (UAE) was 8.3 kg in 2013 [26].
Previous research reported that eggshells consist of (weight %) calcium carbonate (94%), magnesium
carbonate (1%), calcium phosphate (1%), and organic matter (4%) [27]. Eggshells were studied for
removal of various pollutants from water, including heavy metals such as copper, iron, cadmium,
and Pb2+ [28–33]. Other work investigated the removal of dyes such as C.I. Reactive Yellow 205,
methylene blue, and malachite green using eggshells [34–36]. However, few of these studies provided
a detailed investigation of the mechanisms responsible for contaminant removal. It is plausible that,
in addition to sorption, other removal mechanisms could be responsible for contaminant removal
when using a naturally occurring material as a sorbent. Such mechanisms include ion exchange,
as reported by Andersson et al. [37] for the removal of heavy metals from water onto the calcite surface,
precipitation [38–40], or surface reactions [41]. However, only few studies investigated the impact of
operation conditions (eggshell particle size and dose) on the mechanisms of Pb2+ removal. Nonetheless,
existing literature on the use of eggshells for Pb2+ removal acknowledged that precipitation and sorption
occurred [13,28,30,42]. However, the reviewed studies offer no quantification of the contribution of
each mechanism, i.e., precipitation and sorption, which is an important aspect of process design.

Therefore, the objectives of this study were twofold: first, to identify the mechanisms responsible
for the removal of Pb2+ from aqueous solutions using eggshells and to quantify the contribution of
each of these mechanisms towards total removal. The authors were specifically interested in isolating
the role of precipitation from surface attachment. While surface attachment may take different forms
(i.e., sorption, ion exchange, complexation, etc.), for simplicity, it is referred to as sorption from here
on. The second objective was to investigate the impact of the applied eggshells mass-to-solution
volume ratio on Pb2+ removal. Results of this study provide novel and beneficial information for the
design of eggshell reactors for optimal removal of Pb2+, while also contributing to sustainable waste
management by recycling eggshell material to treat wastewater.
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2. Materials and Methods

A general framework for investigating and characterizing the use of biowaste materials for
treatment and contaminant removal was previously published [19]. In this study, the framework is
applied to carry out a mechanistic study of the removal of Pb2+ from aqueous solutions using eggshells
(Figure 1).
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Figure 1. Summary of applied methodology.

2.1. Materials

Hanna Instruments 0.1M standard Pb2+ solution (HI4012-01) was used to prepare all Pb2+ solutions
throughout this study. The required amount of standard Pb2+ solution was diluted in ultrapure water
(Milli-Q® IQ 7000 Ultrapure, Merck, Darmstadt, Germany) as required to prepare the needed Pb2+

concentrations. In addition, H2SO4 (95–97% assay), ethanol (95% purity), phenolphthalein (Riedel-de
HaënTM, indicator grade, Honeywell International Inc., Charlotte, NC, US), and methyl orange
powder (FlukaTM, indicator grade, Honeywell International Inc., Charlotte, NC, US) were used for
alkalinity measurements.

2.2. Preparation of Eggshells

Eggshells were collected from a local restaurant in the city of Al Ain, UAE. Two batches were
collected from the restaurant across a period of two weeks; each batch contained the eggshells collected
by the restaurant for the week. All batches of collected eggshells were then mixed and rinsed several
times with deionized water to wash away any impurities. They were then dried at 100 ◦C for 24 h
in a conventional drying oven (ULE 400, Memmert, Schwabach, Germany). The eggshells were then
ground with a pulverizer (LC-53, Gilson Company Inc., Lewis Center, OH, USA). The distance between
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the blades was set at about 0.7 mm to obtain particles in the range of 0.8–1.0 mm. This particle size
was required to help physically remove the inner membranes. The eggshell inner membranes were
then removed by soaking the eggshells in deionized water and mixing them, after which the inner
membranes floated to the top and were physically removed. The eggshells were then rinsed several
times to remove any residual membranes, dried again in the oven for 24 h at 100 ◦C, and further
ground in the pulverizer. Subsequently, the obtained particles were sieved using stainless steel ASTM
test sieves (Gilson Company Inc., Lewis Center, OH, USA). The resulting eggshells were classified into
4 groups depending on size, namely <150 µm, 150–500 µm, 500–800 µm, and >800 µm. The ground
eggshells were stored in plastic sealable bags at room temperature until use.

2.3. Eggshells Characterization

The powdered eggshells were characterized to evaluate their potential performance for Pb2+

removal. Eggshell particles underwent nitrogen gas adsorption for characterization of their surface
area and porosity. This was carried out with a Quantachrome Autosorb-1-C volumetric gas sorption
instrument at 77K. Before measurements, samples were degassed at 150 ◦C for one hour. Further,
Brunauer–Emmett–Teller (BET) theory was used to calculate surface area, and pore size distributions
were determined by the Barett–Joyner–Halenda (BJH) model based on the desorption branch of the
N2 isotherms. Fourier-transform infrared (FTIR) spectroscopy and scanning electron microscopy
(SEM) analyses were used to investigate the changes to the microstructure of eggshells as a result of
Pb2+ removal, as will be discussed in detail in Section 2.8. Based on the results of eggshell particles
characterization, it was decided to use only two particle sizes (<150 µm of d50 = 75 µm and 150–500 µm
of d50 = 300 µm) in the Pb2+ removal experiments, as they had the highest surface area. In addition,
the study focused on particle size 150–500 µm, which was thought to be more practical and feasible to
scale to column studies.

2.4. Pb2+ Removal Experiments

For all Pb2+ removal batch experiments, Pb2+ solutions at the desired concentrations were prepared
as stock solutions from which sample volumes of 50 or 100 mL were obtained. Specific amounts of
crushed eggshell powder were added to the samples to achieve the desired solid-to-water (s/w) ratio.
Samples were then subject to shaking in a water bath shaker (MaXturdy 18, Daihan Scientific Co.,
GANG-WON -DO, South Korea) at a temperature of 25 ◦C and rotational speed of 150 rpm. If required,
they were filtered using syringe filters (Thermo ScientificTM, PTFE, 0.45 µm, 25 mm). Measurements of
Pb2+, Mg2+, and Ca2+ concentration in solution were taken by Varian ICP-OES 720 ES with standards
by Chem-LabTM, Belgium. A Thermo ScientificTM OrionTM 3-star pH meter was used to carry out pH
measurements. Alkalinity was measured by titration, according to method 2320 [43].

For all the experiments explained in the sections below, samples were analyzed in triplicate,
and the coefficient of variation for Pb2+ concentration ranged from 0.3% to 8.4%. Average readings for
the initial and final Pb2+ concentrations were used to calculate the capacity of removal (m in mg/g),
regardless of the mechanism of removal, as shown in Equation (1): where V is the volume of solution
used (L), M is the mass of eggshells used (g), C0 is the initial Pb2+ concentration (mg/L), and Ce is the
final (equilibrium) Pb2+ concentration (mg/L). The removal percentage of Pb2+ was also calculated
using Equation (2).

m =
(C0 −Ce)V

M
(1)

Pb2 + removal (%) =
(C0 −Ce)

C0
× 100 (2)

2.5. Preliminary Investigation of Pb2+ Removal

A screening experiment was conducted to determine the adequate contact time (until equilibrium)
and to demonstrate the potential of eggshells for Pb2+ removal. At an s/w ratio of 1:200, eggshells were
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added to Pb2+ solutions of concentrations 0 to 70 mg/L for a contact time of 2 h. To help theorize the
removal mechanisms involved, other parameters besides Pb2+ were monitored including pH, alkalinity,
Ca2+, and Mg2+.

To investigate the potential precipitation of Pb2+ due to the presence of dissolved carbonates
and bicarbonates, stock solutions of 1000 mg/L of Na2CO3 and NaHCO3 were prepared and then
left to react with Pb2+ in solution. One milliliter of the 1000 mg/L Na2CO3 stock solution was added
to the 20 mg/L (0.19 meq/L) of Pb2+ solution and filled to the 100 mL mark in a volumetric flask.
The resulting solution had a concentration of 10.07 mg/L (0.19 meq/L) Na2CO3. Furthermore, 1.62 mL
of the 1000 mg/L Na2CO3 solution was added to the 20 mg/L Pb2+ solution and filled to the 100 mL
mark in a volumetric flask, leading to a solution of 16.2 mg/L (0.19 meq/L) NaHCO3. These solutions
were then left for 2 h to observe any precipitation of Pb2+ by CO3

2− or HCO3
−. Resulting solutions

were then filtered and the Pb2+ concentration, pH, and total alkalinity were measured before and after
the addition of Na2CO3 and NaHCO3.

2.6. Effect of Particle Size and s/w Ratio on Removal of Pb2+

In order to investigate the effect of eggshell particle size and s/w ratio on the removal of Pb2+,
500 mL of Pb2+ solutions of 0 to 70 mg/L were prepared and their initial pH, Ca2+, Mg2+, and Pb2+

concentrations were measured. Then, 100 mL of each solution was added to 0.5 g of eggshells of
particle size 150–500 µm, giving an s/w ratio of 1:200. The samples were shaken for 2 h then filtered.
The filtrate was then analyzed for pH, alkalinity, Pb2+, Ca2+, and Mg2+ concentration. This process
was also repeated for an s/w ratio of 1:100, 1:1000, and 1:2000 for eggshells of particle sizes 150–500 µm
and <150 µm. This process is detailed in Figure 2.

Water 2020, 12, x FOR PEER REVIEW  5  of  20 

 

2.5. Preliminary Investigation of Pb2+ Removal 

A  screening  experiment  was  conducted  to  determine  the  adequate  contact  time  (until 
equilibrium) and to demonstrate the potential of eggshells for Pb2+ removal. At an s/w ratio of 1:200, 
eggshells were added to Pb2+ solutions of concentrations 0 to 70 mg/L for a contact time of 2 h. To 
help  theorize  the  removal mechanisms  involved,  other  parameters  besides  Pb2+ were monitored 
including pH, alkalinity, Ca2+, and Mg2+. 

To investigate the potential precipitation of Pb2+ due to the presence of dissolved carbonates and 
bicarbonates, stock solutions of 1000 mg/L of Na2CO3 and NaHCO3 were prepared and then left to 
react with Pb2+ in solution. One milliliter of the 1000 mg/L Na2CO3 stock solution was added to the 20 
mg/L (0.19 meq/L) of Pb2+ solution and filled to the 100 mL mark in a volumetric flask. The resulting 
solution had a concentration of 10.07 mg/L (0.19 meq/L) Na2CO3. Furthermore, 1.62 mL of the 1000 
mg/L Na2CO3 solution was added to the 20 mg/L Pb2+ solution and filled to the 100 mL mark in a 
volumetric flask, leading to a solution of 16.2 mg/L (0.19 meq/L) NaHCO3. These solutions were then 
left  for 2 h  to observe any precipitation of Pb2+ by CO32− or HCO3−. Resulting solutions were  then 
filtered  and  the Pb2+  concentration, pH,  and  total  alkalinity were measured  before  and  after  the 
addition of Na2CO3 and NaHCO3. 

2.6. Effect of Particle Size and s/w Ratio on Removal of Pb2+ 

In order to investigate the effect of eggshell particle size and s/w ratio on the removal of Pb2+, 
500 mL of Pb2+ solutions of 0  to 70 mg/L were prepared and  their  initial pH, Ca2+, Mg2+, and Pb2+ 
concentrations were measured. Then, 100 mL of each solution was added  to 0.5 g of eggshells of 
particle size 150–500 μm, giving an s/w ratio of 1:200. The samples were shaken for 2 h then filtered. 
The filtrate was then analyzed for pH, alkalinity, Pb2+, Ca2+, and Mg2+ concentration. This process was 
also repeated for an s/w ratio of 1:100, 1:1000, and 1:2000 for eggshells of particle sizes 150–500 μm 
and <150 μm. This process is detailed in Figure 2. 

 
Figure 2. Experimental design for investigating the impact of solid‐to‐water (s/w) ratio and particle 
size on Pb2+ removal. 

2.7. Differentiation between Removal of Pb2+ by Sorption and Precipitation 

To  elucidate  the  role  of  sorption  versus  precipitation  in  Pb2+  removal  by  eggshells,  these 
mechanisms have to be isolated. To do so, eggshells used in the previous experiment (Figure 2) with 
an s/w ratio of 1:2000 and Pb2+ concentrations 0 to 60 mg/L were collected and separated from the 
solution with a sieve (number 120 mesh size 125 μm). The solution passing through the sieve was 
filtered  through a 0.45 μm membrane, and a portion of  the filtrate was used  to rinse  the eggshell 
particles to remove any Pb2+ precipitate on the surface. The eggshells were then dried in an oven at 
60 °C for 16 h, and then subjected to ICP analysis after undergoing acid digestion according to method 
3050B [44]. This was carried out to directly measure the amount of Pb2+ sorbed on the surface of the 

Figure 2. Experimental design for investigating the impact of solid-to-water (s/w) ratio and particle
size on Pb2+ removal.

2.7. Differentiation between Removal of Pb2+ by Sorption and Precipitation

To elucidate the role of sorption versus precipitation in Pb2+ removal by eggshells,
these mechanisms have to be isolated. To do so, eggshells used in the previous experiment (Figure 2)
with an s/w ratio of 1:2000 and Pb2+ concentrations 0 to 60 mg/L were collected and separated from
the solution with a sieve (number 120 mesh size 125 µm). The solution passing through the sieve
was filtered through a 0.45 µm membrane, and a portion of the filtrate was used to rinse the eggshell
particles to remove any Pb2+ precipitate on the surface. The eggshells were then dried in an oven at
60 ◦C for 16 h, and then subjected to ICP analysis after undergoing acid digestion according to method
3050B [44]. This was carried out to directly measure the amount of Pb2+ sorbed on the surface of the
eggshells. The exact amount of Pb2+ sorbed was calculated using mass balance after accounting for the
amount present in the water film originally surrounding the wet eggshells.
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Another experiment was conducted to quantify the removal of Pb2+ by precipitation using eggshell
extracts at different s/w ratios. A volume of 600 mL of eggshell water (ESW) with an s/w ratio of 1:200
was prepared using 150–500 µm eggshells. The mixture was mixed for 2 h in a water bath shaker at
150 rpm and 25 ◦C. The mixture was then decanted and filtered. The filtrate gave an ESW sample,
which was used in the preparation of Pb2+ solutions. The pH, alkalinity, Ca2+, and Mg2+ concentration
of the ESW were measured. The ESW was then used to prepare 50 mL solutions of concentrations
0 to 70 mg/L Pb2+. The solutions were mixed again for 2 h. Subsequently, they were filtered and
analyzed for alkalinity, pH, Ca2+, Mg2+, and Pb2+ concentration. This process was repeated for the
same eggshell size using an s/w ratio of 1:2000. This process is detailed in Figure 3.
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Figure 3. Experimental design for investigation of removal of Pb2+ in eggshell water (ESW).

2.8. Microstructure Characterization of Pb2+ Removal

FTIR and SEM analyses were used to investigate the changes in functional groups and morphology
of selected eggshells post-exposure to Pb2+ and examine the removal mechanisms. FTIR spectroscopy
was carried out on raw eggshells using a Shimadzu, IR-Prestige-21 spectrometer in transmittance
mode at a resolution of 4 cm−1 from 500 to 4000 cm−1. Similarly, it was performed on typical used
eggshells after Pb2+ removal in a solution of 40 mg/L Pb2+ and an s/w ratio of 1:200. Samples were
formulated by pulverizing eggshells into a powder, which was then sieved through an 80-micron sieve
to remove coarse particles. Obtained powder samples were mixed with potassium bromide at a 3:1
ratio, by mass, and made into pellets for FTIR testing.

A JEOL-JSM 6390A scanning electron microscope was used to examine the morphology of
eggshells with a particle size of 150–500 µm before and after Pb2+ removal. Pb2+ solutions of 20 mg/L at
s/w ratios of 1:200 and 1:2000 were utilized. To separate the eggshells from the solution, the mixture
was passed through a 125-micron sieve, rinsed with deionized water to remove any precipitated solids
on the eggshell surface, and dried in the oven at 100 ◦C for 24 h. Samples were sputter-coated with a
thin gold layer and examined in high-vacuum mode at 15 kV and magnification ranging from 100–1000.
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3. Results and Discussion

3.1. Raw Eggshells Characterization

Removal of contaminants from solution by a biomass material depends on the material’s surface
area and accessibility to active sites [45]. Nitrogen adsorption curves were used to evaluate the
surface area according to BET theory, while N2 desorption curves were used to evaluate the pore size
distributions based on the BJH model. The results are presented in Table 1 and Figure 4. As expected,
the surface area was found to decrease with increasing eggshell particle size. It is worth noting that
the BET surface area for eggshells was found to be comparable to the surface areas of other types of
biomass used for sorption, as olive stones, tomato husks, and Bacillus badius (Table 1). In addition,
the surface area of eggshells found in this study for particle size <150 µm, 0.977 m2/g, was similar
to that reported by Tsai et al. [35] for eggshells of particle size 77 µm, 1.023 m2/g. Figure 4 shows a
representative curve for the nitrogen adsorption of eggshells of particle size <150 µm; the eggshells
follow a type II isotherm with negligible hysteresis. This indicates a lack of affinity between eggshells
and N2 molecules [35]. The N2 adsorption isotherm signifies poor pore properties, owing possibly to a
non-porous surface. Tsai et al. [35] also reached a similar conclusion when analyzing eggshells.

Table 1. BET and Langmuir surface area calculations of biowaste material at various particle size ranges.

Material Size (µm) Surface Area
(m2/g)

Pore Volume
(103 cm3/g) Pore Size (nm) Reference

Eggshells <150 0.977 3.544 14.8 This work
150–500 0.056 - - This work

Eggshells 77.9 1.023 6.5 - [35]
Olive stones <1000 0.163 1.84 45.302 [46]

Tomato husks 75–150 0.68 0.0015 - [47]
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Figure 4. Nitrogen adsorption isotherm curves for eggshell powder of particle size <150 µm.

The thermogravimetric analysis of raw eggshells has been examined in previous studies [48–50].
Such analysis highlights the change in eggshell powder mass with temperature and gives an indication of
its composition. There is general agreement that the decomposition of raw eggshells with temperature
has two regions of mass loss. In the first region, a minor mass loss (around 3%) indicates the
decomposition of organic matter and occurs from 100 to 550 ◦C. Meanwhile, in the second region,
a major mass loss (around 40%) takes place at higher temperatures up to 850 ◦C, signifying the
decomposition of calcium carbonate [48–50].
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3.2. Preliminary Pb2+ Removal Experiments

A screening experiment of removal with time indicated that Pb2+ removal happened over a
short time period. The experiment was done using an initial Pb2+ concentration of 100 mg/L and
s/w ratio of 1:100; measurements of Pb2+ concentration were taken at 30 min and every hour for 6 h.
Little differences in removal were observed after 30 min of contact time. Therefore, to ensure equilibrium
status is achieved, 2 h was chosen as the contact time for all further experiments. Another screening
experiment was conducted to investigate the capacity of eggshells for Pb2+ removal at an s/w ratio of
1:200. The results indicated that eggshells showed a good potential for Pb2+ removal compared to
previously investigated biowaste materials [1,23,46]. A removal capacity (m) of 8.18 mg/g (pH = 5.9)
was found for an initial Pb2+ concentration of 70 mg/L, at which an equilibrium aqueous concentration
of 29.5 mg/L was reached. During the analysis of Pb2+ solution after contact with eggshells, it was
noticed that Ca2+ and Mg2+ were released into the solution by eggshells. Therefore, it was hypothesized
that there could be other removal mechanisms, in addition to sorption, which could be responsible
for the removal of Pb2+. Previous studies have noted that Pb2+ precipitation due to reaction with
carbonates could play a role in Pb2+ removal [51,52].

To confirm the potential precipitation of Pb2+ due to reaction with carbonates, an investigation
was conducted to determine the extent of Pb2+ precipitation by reaction with CO3

2− and HCO3
−.

NaHCO3 and Na2CO3 were added to 20 mg/L Pb2+ solution. As expected, the pH and alkalinity of
Na2CO3 and NaHCO3 solutions decreased when added to a Pb2+ solution. Indeed, immediately after
the addition of Na2CO3, the pH was 8.29 and then decreased to 6.09, and alkalinity dropped from
14 to 11 mg/L as CaCO3. Similarly, after the addition of NaHCO3, the pH decreased from 7.31 to 5.94
and the alkalinity dropped from 16 to 5.6 mg/L as CaCO3. The drop in alkalinity was accompanied by
a drop in Pb2+ concentration from 23.66 to 0.75 and 2.53 mg/L for Na2CO3 and NaHCO3 solutions,
respectively. This indicates that alkalinity was consumed and Pb2+ was precipitated upon contact with
CO3

2− and HCO3
−. These findings provide evidence that Pb2+ is precipitated by carbonates that are

released by eggshells in solution.

3.3. Effect of Particle Size and s/w Ratio on Removal of Pb2+

The method outlined in Section 2.6 was used to investigate the effect of s/w ratio and particle
size on the eggshell capacity for Pb2+ removal. The results, presented in Figure 5, show that eggshell
particle size generally did not have a measurable effect on the removal capacity, but a higher removal
capacity was achieved with the smaller particle size (<150 µm) at high initial Pb2+ concentrations
(>50 mg/L). This effect at a higher initial concentration of Pb2+ was observed in previous studies where
m decreased with the increase in eggshell particle size [42], or with the increase in the particle size of
calcite and aragonite [51]. Despite the large difference in the surface area of the two eggshell sizes
used in this study (Table 1), a rather insignificant difference in the eggshell capacity for Pb2+ removal
was noticed between the two sizes for initial Pb2+ concentrations below 50 mg/L (Figure 5). However,
eggshell particle size could result in a significantly lower removal capacity for larger particles and
higher initial Pb2+ concentration.

Furthermore, the removal capacity of eggshells decreases as the s/w ratio increases; at s/w ratios
1:1000 and 1:2000, the removal capacity is higher than that for ratios 1:100 and 1:200 (Figure 6). If the
removal of Pb2+ is due to sorption, then a decrease in the eggshell removal capacity with the increase
in the s/w ratio may be due to less effective mixing at a higher density of eggshells in the solution
causing reduced accessibility to sorption sites. On the other hand, if the removal of Pb2+ is due to
precipitation, then a decrease in the eggshell capacity with the increase in the s/w ratio could be due
to a decreased dissolution of CaCO3 per unit mass of eggshells at higher s/w ratios. In addition,
if precipitation occurs on the eggshell surface (microprecipitation) then less sites become available for
sorption. In this batch experiment mode, the highest removal capacity was found to be about 70 mg/g
which occurred for particle size <150 µm at an s/w ratio of 1:2000 and an initial Pb2+ concentration
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of about 60 mg/L. Furthermore, high percentage removals (up to 99%) were achieved for low Pb2+

concentrations (<30 mg/L) across all s/w ratios studied (not shown here). The low concentration of
solute ensured high removal.
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Figure 5. Removal of Pb2+ versus initial Pb2+ concentration for particle size 150–500 µm and <150 µm
at (a) s/w ratio 1:1000 (pH increased from 5.49 (SD 0.25) to 8.64 (SD 0.64) for particle size <150 µm and
from 5.49 (SD 0.25) to 6.92 (SD 0.67) for particle size 150–500 µm) and (b) s/w ratio 1:2000 (pH increased
from 5.49 (SD 0.25) to 6.89 (SD 0.72) for particle size <150 µm and from 5.49 (SD 0.25) to 6.86 (SD 0.72)
for particle size 150–500 µm).
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Figure 6. Removal capacity of eggshells for Pb2+ removal as a function of initial Pb2+ concentration
and s/w ratio for particle size 150–500 µm (pH increased from 5.76 (SD 0.48) to 8.35 (SD 0.27) for s/w
ratio 1:100; from 5.71 (SD 0.37) to 7.94 (SD 1.06) for s/w ratio 1:200; from 5.49 (SD 0.25) to 6.92 (SD 0.67)
for s/w ratio 1:1000; and from 5.49 (SD 0.25) to 6.86 (SD 0.72) for s/w ratio 1:2000).

Previous studies (Table 2) showed variations in the capacity of eggshells employed for Pb2+

removal, with values as low as 0.12 mg/g [29] to as high as 156 mg/g [42]. Such variations could
be due to differences in the experimental conditions employed, including differences in the initial
concentration, particle size, and s/w ratio. However, these studies only included one s/w ratio in their
investigation. As demonstrated in this study, the s/w ratio has a significant impact on the removal
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capacity (m). To gain insight into the effect of s/w ratio, normalized removal capacity (m/C0) is plotted
versus s/w ratio as shown in Figure 7. Normalized capacity values for each s/w ratio used in this study
were obtained from the slope of the best fit line with zero intercept of the corresponding data set
presented in Figure 6. Data from previous studies [28–30,42] were superimposed for comparison
purposes. Since these previous studies only included one s/w ratio in their investigation, an average
value of the slope (m/C0) was taken for each study. One study by Soares et al. [30] showed a decreasing
trend of (m/C0) with the increase in C0 and therefore the selected data points (Figure 7) represent those
before a plateau for removal capacity (m) was reached. The data of Figure 8 show a linear trend on a
log–log scale.

Table 2. Eggshell capacity for removal of Pb2+ as reported by other studies.

Study Eggshell Size (µm) s/w Ratio pH C0 (mg/L) m (mg/g)

[42] a 750 1:500 5.0 523, 1045 156
[28] <1000 1:40 5.5 10–150 2.24

[30] b <500 1:100 5.0 100–1435 12.9
[29] 210–400 1:40 NA 3 0.12

a Only the results for the 750 µm particle size are considered here. b Considered values represent those before a
plateau for removal capacity was reached.

From Figure 7, it is clear that the impact of the s/w ratio is significant. The best fit relationship
for the data in Figure 7 is given in Equation (3). The relation shows that the slope (m/C0) is almost
inversely proportional to the s/w ratio. Equation (3) is valid only in the range of the s/w ratio presented
in Figure 8 and before the removal capacity of eggshells (m) reaches a plateau, and for particle size
<1 mm.

log( m/C0 ) = − 0.933 log(s/w ratio) − 2.9 R2 = 0.99 (3)
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Figure 7. Comparison between normalized capacity of eggshells for Pb2+ removal (m/C0) versus s/w
ratio used in this study and previous studies.

The predictive relationship (Equation (3)) could be used in designing batch reactors utilizing
eggshells for Pb2+ removal from wastewater. Specifically, this relationship could be used to optimize
the design conditions and configuration of the batch reactors (single versus sequential batch reactors).
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For example, based on Equation (3), 250 kg of eggshells would be required to reduce Pb2+ concentration
from 55 to 1 mg/L with a reaction time of 2 h for 10 m3 of contaminated water if one batch reactor
is used. However, if two or three batch reactors in series were to be used, the mass of eggshells
would be reduced to 80 and 12 kg, respectively, with a reaction time of 2 h for each reactor. Thus,
using multiple reactors in series reduces the required mass of eggshells and consequently reduces the
mass of generated waste. However, the use of multiple reactors as compared to a single reactor would
entail higher construction and operation costs. As such, Equation (3) could serve as a guide to reach an
optimal system design subject to economic and environmental constraints.
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Figure 8. Comparison of percentage Pb2+ removal using eggshells of size 150–500 µm and ESW at (a)
s/w ratio 1:200 (pH increased from 5.71 (SD 0.37) to 7.94 (SD 1.06) with eggshells, whereas with ESW the
pH instantly drops from 9.36 (ESW only) to 6.18 (SD 0.75) right after mixing with lead solution) and (b)
s/w ratio 1:2000 (pH increased from 5.49 (SD 0.25) to 6.86 (SD 0.72) with eggshells, whereas with ESW
the pH instantly drops from 9.36 (ESW only) to 6.06 (SD 0.51) right after mixing with lead solution).

3.4. Differentiation between Removal of Pb2+ by Sorption and Precipitation

To study the removal of Pb2+ by precipitation, the method outlined in Section 2.7 was followed.
The percentage of Pb2+ removal as a function of the initial Pb2+ in solution (C0) is presented in Figure 8.
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The figure compares the total Pb2+ removal obtained when eggshells were physically in solution and
Pb2+ removal due to precipitation with eggshell water (ESW). Clearly, precipitation plays a major role
in the removal of Pb2+ by eggshells. At a low initial concentration, Pb2+ removal could entirely be
attributed to precipitation due to the presence of carbonates in the solution. However, the role of
precipitation is reduced as the s/w ratio and initial concentration of Pb2+ become higher (Figure 8a).
The difference between the removal in the two cases (eggshells and ESW) could be attributed to sorption.
However, it was observed that aqueous Ca2+ in equilibrium with eggshells increased with the increase
in initial Pb2+ concentration, while alkalinity remained almost constant (Figure 8a). The level of Ca2+,
in the case of ESW, remained the same at 8.3 and 7.5 mg/L for s/w ratios 1:200 and 1:2000, respectively,
at all initial Pb2+ concentrations. Thus, comparison between Pb2+ removal with ESW versus that of
eggshells may provide an underestimation of the extent of precipitation. Further, the increase in Ca2+

in the presence of eggshells was more pronounced at the high s/w ratio (Figure 8a) compared to that
for the low s/w ratio (Figure 8b). Such a finding was accompanied by an almost constant alkalinity due
to the continuous release of carbonates by eggshells. This could explain the higher difference between
the removal of Pb2+ by eggshells and ESW at the high s/w ratio (Figure 8a).

To provide a better elucidation of the roles of different removal mechanisms. The authors resorted
to direct quantification of the amount of sorbed Pb2+ by acid digestion. Precipitation was then
calculated as the difference between total removal and percentage of Pb2+ sorbed on the eggshells.
This quantification is presented in Figure 9, which distinguishes Pb2+ removed by sorption from
that removed by precipitation at an s/w ratio of 1:2000. Though the percentage of Pb2+ removal
declined with increasing initial Pb2+ concentration, precipitation continued to be more prominent
than sorption up to an initial Pb2+ concentration of 60 mg/L, after which removal by precipitation
significantly dropped (Figure 9a) and became almost similar to removal by sorption. On the other hand,
the contribution of sorption to the percent removal was the same at different initial concentrations
but slightly decreased after 60 mg/L. These findings are consistent with those of Ahmad et al. [28],
who concluded that precipitation may become important for the removal of Pb2+ and Cu2+ by waste
eggshells. It should be noted that some studies suggest that microprecipitation of Pb2+ by carbonates
present in eggshells was followed by adsorption of the metal carbonates on the eggshell surface [30,42].
Thus, it is difficult to confirm that all the sorbed Pb was in the form of Pb2+, as there could be some
PbCO3 remaining on the surface, which could result in an underestimation of the role of precipitation
in Pb removal.Water 2020, 12, x FOR PEER REVIEW  13  of  20 
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Figure 9. Removal of Pb2+ by sorption and precipitation versus initial Pb2+ concentration
(size 150–500 µm and s/w ratio of 1:2000) expressed in (a) percent removal and (b) removal capacity.

Figure 9b shows the changes in removal capacity of eggshells as a function of initial Pb2+

concentration. The contribution of both sorption and precipitation to the removal capacity increased
with the increase in the initial Pb2+, but then both dropped after 60 mg/L. This behavior was also

218



Water 2020, 12, 2517

observed for the total removal capacity at this s/w ratio (1:2000) and particle size (150–500 µm) as
shown in Figures 5b and 6. The expectation is for the removal capacity (m) to reach a plateau value after
a certain initial concentration, as shown for Pb2+ removal by eggshells in the work of Soares et al. (2016)
and Cu2+ removal by eggshells in the work of Ahmad et al. (2012), in which the solution pH was
maintained at a fixed value (at 5 and 5.5, respectively). However, in this study, the observed decline,
rather than a plateau, in the removal capacity (m) could be attributed to a decrease in the available
carbonates needed for the precipitation reaction, coupled with a decrease in the solution pH. The latter
could be the reason why the observed removal capacity by sorption dropped as well.

3.5. Thermodynamic and Stiochiometric Analysis

Several Pb2+ solid phases could occur in the Pb-CaCO3-H2O system including PbO, Pb(OH)2,
PbCO3 (cerussite), Pb3(CO3)2(OH)2 (hydrocerussite), and Pb10(OH)6(CO3)6 (plumbonacrite). PbO and
plumbonacrite are thermodynamically stable at very high pH values (pH > 12) [53]. Pure Pb(OH)2(s)
is believed not to exist, but the basic salt, used to prepare the Pb solution, combined with aqueous
Pb(OH)2 could exist as a solid form at high pH [54]. In this study, the solution pH started at around pH
5.5 (only Pb2+ in the water) and increased to less than 9.0 after two hours from the addition of eggshells,
making lead carbonate, in the form of cerussite or/and hydrocerussite, the more probable solid that
could be formed. The chemical reactions describing the formation of cerussite and hydrocerussite
along with their solubility product (Ksp) values [52] are

Pb2+(aq) + CO3
2−(aq) = PbCO3(s) Ksp = 7.9 × 10−14 (4)

3Pb2+(aq) + 2CO3
2−(aq) + 2OH−(aq) = Pb3(CO3)2(OH)2(s) Ksp = 3.16 × 10−46 (5)

Thermodynamic analysis was conducted to investigate the possible formation of cerussite or
hydrocerussite using the range of values of Pb2+, CO3

2−, and pH encountered in this study. Pb2+

ranged from 10 to 70 mg/L (4.8 × 10−5 to 3.3 × 10−4 mol/L) and alkalinity ranged from 10 to 40 mg/L as
CaCO3. If all alkalinity is due to the release of CO3

2− from the eggshells, then the molar concentration
of CO3

2− would range from 1 × 10−4 to 4.2 × 10−4 mol/L. The activity coefficients of Pb2+ and CO3
2−

were determined using the Debye–Huckel law as described by Snoeyink and Jenkins [55] and fell in
the range of 0.77 to 0.89 (an average value of 0.83 was considered here for Pb2+ and CO3

2−). Based on
that, the values of the ion activity product for cerussite ({Pb}{CO3}, where { } refers to ion activity =

activity coefficient ×molar concentration) range from 3.3 × 10−9 to 9.7 × 10−8. These values are higher
than the Ksp of cerussite (7.9 × 10−14), indicating favorable conditions for the formation of this solid.
Analogous calculations of the ion activity product for hydrocerussite ({Pb}3{CO3}2{OH}2) resulted in
values that range from 4.4 × 10−39 to 2.6 × 10−28, which are higher than its Ksp (3.16 × 10−46), and hence
the conditions also favor the formation of hydrocerussite.

The above analysis indicates that the precipitate formed in the Pb-eggshell system of this study
could be cerussite or/and hydrocerussite. There is no agreement in the literature about the relative
stability of cerussite and hydrocerussite. For aqueous Pb2+ in contact with CaCO3 in open systems,
Bilinski and Schindler [56] concluded that hydrocerussite is the most stable solid phase, whereas Taylor
and Lopata [53] indicated that cerussite is thermodynamically more stable than hydrocerussite at all
pH values. On the other hand, for a closed aqueous system (i.e., with no exchange of atmospheric
CO2), hydrocerussite becomes more stable at pH > 7 [51].

Stoichiometric analysis was carried out to investigate the extent to which the experimental data
of Pb2+ precipitation with eggshells are aligned with the formation of cerussite and hydrocerussite.
Figure 10 plots the concentration of reacted Pb2+ (expressed as the difference between the initial and
final Pb2+ concentration in solution) versus the drop in the carbonate level estimated from the alkalinity
measurement of the control solution (with eggshells but without Pb2+) and of the Pb2+ solution for
two s/w ratios. The dotted line in Figure 10 represents the stoichiometry of the cerussite formation.
This line has a slope of 1.0 since 1 mol of Pb2+ reacts with 1 mol carbonate to form cerussite. The solid
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line represents the stoichiometry for hydrocerussite formation and has a slope of 1.5 (3 mol of Pb2+

reacts with 2 mol of carbonate to form hydrocerussite). Most of the experimental data lie within the
two lines, which is consistent with the notion that the removal of Pb2+ from the eggshell solution is
due to the formation of lead carbonate. As shown in Figure 10, some of the experimental data are
above the lines of cerussite and hydrocerussite formation. This is expected and could be attributed to
two reasons: (1) not all Pb2+ precipitated but some was sorbed on the eggshells which resulted in a
higher reacted Pb2+ than what could be predicted by stoichiometry, and (2) the eggshells could release
additional carbonate during the reaction to reach a new equilibrium state and this could result in an
apparent lower CO3

2− change than that estimated based on the reaction stoichiometry. Nonetheless,
the observed drop in Pb2+ versus the drop in alkalinity is justified based on the stoichiometry for the
formation of lead carbonate.
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Figure 10. Alignment of experimental results of eggshells (size 150–500 µm) with the stoichiometry for
the formation of cerussite and hydrocerussite. ∆Pb2+ refers to the difference in the initial and final
Pb2+ concentration in solution, while ∆CO3

2− refers to the drop in the carbonate level estimated as the
difference in the alkalinity of the control solution and of the Pb2+ solution for each bottle.

3.6. FTIR Analysis

The change in functional groups of eggshells before and after Pb2+ removal was examined using
FTIR spectroscopy. Figure 11 shows the typical FTIR spectrum of raw and used eggshells with
40 mg/L Pb2+ solution. The infrared bands at 712 and 872 cm−1 are associated with the respective
in-plane and out-of-plane bending vibrations of calcium carbonate (CaCO3) in its polymorph form
of calcite [35,57]. A broad band in the range of 1300–1500 cm−1, centered at 1422 cm−1, is recognized
as a C–O stretching mode vibration of CaCO3 [57]. Such bands have also been identified as v4,
v2, and v3 vibration modes of carbonate ion, respectively [58]. These bands are observed in both
samples, providing evidence to the stability and inertness of calcite when exposed to the Pb2+ solution.
Furthermore, raw eggshells were characterized by a major absorption peak at 2350 cm−1, corresponding
to a C=O stretching vibration [59]. However, such a peak was not detected in the used eggshells sample,
indicating that this carbonate polymorph was less stable and was released into the Pb2+ solution to
cause removal by precipitation.
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Figure 11. FTIR analysis of eggshells before and after Pb2+ removal (40 mg/L Pb2+, s/w ratio 1:200,
and particle size 150–500 µm).

3.7. SEM Analysis

SEM micrographs of Figures 12–14 illustrate the eggshells with a particle size of 150–500 µm before
and after Pb2+ removal. Figure 12 of raw eggshells (processed based on the procedure in Section 2.2)
shows the agglomeration of small particles, with the absence of connecting channels. This supports
the BET results, suggesting eggshells to be a non-porous material. This conclusion is further supported
by the N2 isotherm type II curve (Figure 4), corresponding to non-porous materials. Similar findings
have been reported for raw eggshells in other work [29,35]. In addition, the micrographs show that the
surface texture of raw eggshells is rough and uneven.
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Figure 12. Raw eggshells, particle size 150–500 µm at magnification (a) × 100, (b) × 500, and (c) × 1000.
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Figure 13. Eggshells, particle size 150–500 µm, after Pb2+ removal process with s/w ratio of 1:200 and
20 mg/L Pb2+ solution at magnification (a) ×100, (b) ×500, and (c) ×1000.
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Figure 14. Eggshells, particle size 150–500 µm, after Pb2+ removal process with s/w ratio of 1:2000 and
20 mg/L Pb2+ solution at magnification (a) ×100, (b) ×500, and (c) ×1000.

The removal process induced changes to the morphology of the eggshells. Figure 13 presents
the microstructure of eggshells post-exposure to Pb2+ with an s/w ratio of 1:200. It is clear that the
surface of the eggshells is different from that of the raw eggshells. In fact, the surface is denser and less
porous, owing to the deposition of Pb2+ and formation of lead carbonate (PbCO3). At a lower s/w ratio
of 1:2000 (Figure 14), more Pb2+ has been deposited on the eggshells surface, leading to the growth
of needle-like PbCO3 crystals. The morphology of PbCO3 illustrated herein is consistent with that
reported in previous studies [60,61]. This is also consistent with the trend of a higher removal capacity
of eggshells (m) at lower s/w ratios (Figure 6). Nevertheless, SEM micrographs presented herein cannot
be used to differentiate the mechanism of Pb2+ deposition onto the eggshells, i.e., microprecipitation
or sorption.

4. Conclusions

Eggshells are a common biowaste that could be recycled for the removal of Pb2+ from wastewater,
thus promoting the use of nature-based sustainable solutions for both waste management and
wastewater treatment. In this study, the influence of the particle size of ground eggshells and s/w
ratio on removal of Pb2+ from aqueous solutions was investigated. Results show that the percent Pb2+

removal was not significantly different for particle sizes 150–500 µm and <150 µm despite the large
difference in the surface area of the two eggshell sizes. A high percentage removal (up to 99%) of
Pb2+ by eggshells was achieved for low initial Pb2+ concentrations (<30 mg/L) across all s/w ratios
studied. SEM images confirmed that the surface of eggshells used for Pb2+ removal became denser
and less porous due to Pb2+ deposition and lead carbonate formation. Needle-like PbCO3 crystals
were observed in samples with a lower s/w ratio, which coincides with the trend where eggshells
exhibited higher removal capacity at lower s/w ratios. A developed predictive relationship suggests
that the removal capacity of eggshells normalized to the initial Pb2+ concentration is almost inversely
proportional to the s/w ratio. The relationship explains differences in the Pb2+ removal capacities of
eggshells reported by others. The developed relationship could be utilized to design batch reactors for
Pb2+ removal by eggshells subject to economic and environmental constraints.

The study also attempted to quantify the role of different removal mechanisms in the total removal
of Pb2+. Results confirmed that precipitation played a major role in the removal of Pb2+ by eggshells.
However, this role was reduced as the s/w ratio and initial concentration of Pb2+ became higher.
The difference between the extent of Pb2+ removal by eggshells and eggshell water suggested that
sorption also played a role in Pb2+ removal. This was confirmed by the direct quantification of the
concentration of Pb2+ sorbed on the eggshells and by the results from FTIR spectroscopy. Indeed,
FTIR spectroscopy of eggshells highlighted the presence of high- and low-stability calcium carbonate
polymorphs that existed in raw eggshells. While the former polymorph was detected in the used
eggshells sample, the latter was not, signifying its release into the Pb2+ solution to cause removal by
precipitation. It was also observed that the contribution of both sorption and precipitation dropped
at the high concentration. It was speculated that such decline was due to a decrease in the available
carbonates needed for precipitation coupled with a decrease in the solution pH.
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Abstract: The adsorption mechanisms of mercury ion (Hg2+) by different fractions of biochar
were studied, providing a theoretical basis and practical value for the use of biochar to remediate
mercury contamination in water. Biochar (RC) was prepared using corn straw as the raw material.
It was then fractionated, resulting in inorganic carbon (IC), organic carbon (OC), hydroxyl-blocked
carbon (BHC), and carboxyl-blocked carbon (BCC). Before and after Hg2+ adsorption, the biochar
fractions were characterized by several techniques, such as energy-dispersive X-ray spectroscopy
(EDS), Fourier-transform infrared spectroscopy (FTIR), and X-ray photoelectron spectroscopy (XPS).
Obtained results indicate that the reaction mechanisms of RC for Hg2+ removal mainly include
electrostatic adsorption, ion exchange, reduction, precipitation, and complexation. The equilibrium
adsorption capacity of RC for Hg2+ is 75.56 mg/g, and the adsorption contribution rates of IC
and OC are approximately 22.4% and 77.6%, respectively. Despite the lower rate, IC shows the
largest adsorption capacity, of 92.63 mg/g. This is attributed to all the mechanisms involved in Hg2+

adsorption by IC, with ion exchange being the main reaction mechanism (accounting for 39.8%).
The main adsorption mechanism of OC is the complexation of carboxyl and hydroxyl groups with
Hg2+, accounting for 71.6% of the total OC contribution. BHC and BCC adsorb mercury mainly via
the reduction–adsorption mechanism, accounting for 54.6% and 54.5%, respectively. Among all the
adsorption mechanisms, the complexation reaction of carboxyl and hydroxyl groups with Hg2+ is the
dominant effect.

Keywords: biochar; different fractions; Hg2+; characterization; adsorption mechanism

1. Introduction

Mercury is a highly toxic, non-essential heavy metal. Even at low concentrations, it poses potential
threat to human health [1]. Inorganic mercury is the most common form of mercury found in aquatic
ecology. It stably accumulates in aqueous solutions and does not degrade easily. Under natural
conditions, it easily reacts with chemicals and microorganisms via a methylation reaction, producing
mercury forms with increased toxicity, such as methylmercury or dimethylmercury [2]. According to
United States Environmental Protection Agency (EPA) regulations, mercury concentrations in treated
wastewater and drinking water must be less than 10 and 2 µg/L, respectively [3]. Therefore, it is of great
significance to study mercury removal from water. Treatment methods for mercury removal mainly
include chemical precipitation, ion exchange, reduction, coagulation, solvent extraction, and adsorption
methods. Among them, adsorption is widely applied due to its advantages of fast action, superior
removal efficiency, inexpensive nature of adsorbents, and easy access to raw materials that can be
used as adsorbents [4–6]. Biochar is the most commonly used adsorbent material, showing high
adsorption efficiency [7]. In previous studies, commonly used raw materials for biochar preparation
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included walnut shells [8], flax shive [9], guava skin [10], fruit shell of Terminalia catappa [11], rice
husk [12], sugarcane bagasse [13], coconut husk [14], and peanut husk [15], all showing good adsorption
results. In general, biochar adsorbs heavy metals mainly via combining metal ions with aromatic
alcohols or acids, and carbonates [16]. The main adsorption pathways are through electrostatic effect,
reduction, complexation, and cation exchange. Kong et al. [17] showed that the phenolic hydroxyl
groups contained in soybean stalk-based biochar had a strong reduction effect, reducing Hg2+ to
Hg0 during Hg2+ adsorption. Das et al. [18] studied Hg2+ adsorption by Aspergillus versicolor
biomass and suggested complexation as the main mechanism between oxygen-containing functional
groups and Hg2+. Kílıç et al. [19] observed the release of a large concentration of basic metal ions
(Ca2+, Na+, and K+) during Hg2+ adsorption by activated sludge biomass, indicating that an ion
exchange mechanism was involved in the adsorption process. Dong et al. [20] used XPS to analyze
the adsorption mechanisms of Hg2+ by Brazilian pepper biochars at different pyrolysis temperatures.
It was shown that biochar prepared at relatively low temperatures (300 and 450 ◦C) adsorbs Hg2+

mainly through complexation with hydroxyl and carboxyl functional groups, while biomass carbon
prepared at 600 ◦C has a graphite-like structure and Hg–Cπ is formed between Hg2+ and the C=C
structure. As a heterogeneous material, biochar is mainly composed of inorganic mineral components
(ash) and organic carbonaceous components. Current studies on adsorption of pollutants by biochar
mainly focus on the overall removal effect of biochar, with research on the adsorption mechanisms of
pollutants by different fractions of biochar being very limited. The contribution rate of each fraction of
the adsorbent during the adsorption mechanism for a certain pollutant needs to be further studied.

Herein, biochar was prepared using corn stover as the raw material, which was then fractionated
to prepare inorganic, organic, hydroxyl-blocked, and carboxyl-blocked carbonaceous fragments.
Through physicochemical analysis (element composition, pH value, and isoelectric point pHpzc),
Boehm titration and surface analysis (FTIR, XPS, and EDS) measurements before and after Hg2+

adsorption, the mercury adsorption mechanisms, and structure–property relationships of biochar and
its fractions were studied. This research has important practical significance for mercury removal from
water by biochar.

2. Materials and Methods

2.1. Preparation of Biochar Fractions

Raw carbon was synthesized from cornstalk (sourced from Da Xu Village, Zibo, Shandong, China)
and air-dried outdoors. It was ground when the moisture content dropped below 10% and was
put in a ceramic crucible for pyrolysis and carbonization at 500 ◦C with a rate of 20 ◦C/min for 6 h
under N2 atmosphere. The biochar removed from the furnace was cooled in a desiccator, weighed,
and stored in airtight plastic bags. Raw carbon was referred to as RC. RC was placed in a tube furnace,
the temperature of which was raised to 600 ◦C at a rate of 20 ◦C/min and kept for 4 h to obtain inorganic
carbon (IC). RC was thoroughly mixed for 24 h with an acid mixture (0.3 M HF + 0.1 M HCl), at a
solid/liquid ratio of 1:250 (g/mL). The mixture was then washed and dried to obtain organic carbon
(OC). Meanwhile, a quantity of 9.0 g of RC was thoroughly mixed with 633 mL of anhydrous methanol
and 5.4 mL of 0.1 M HCl to block carboxylic acid groups (–COOH) by methyl esterification of carboxyl
groups. After being stirred for 6 h, the mixture was washed and dried to obtained carboxyl-blocked
carbon (BCC). Similarly, hydroxyl-blocked carbon (BHC) was prepared by blocking hydroxyl groups
(–OH) via thoroughly mixing and stirring 5.0 g of biochar and 100 mL of HCHO for 6 h [21–23].
The yield of each fraction of biochar was calculated.

2.2. Physicochemical Properties of Biochar Fractions

Typically, 1.0 g of biochar was weighed and placed in a 100 mL covered conical flask. Meanwhile,
20 mL of deionized water was boiled and let to cool before being added into the flask. Subsequently,
the mixture was shaken at 120 r/min and 25 ◦C for 24 h. It was then taken out and let to sit still for
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5 min. The pH of the solution was determined using a Mettler Delta 320 pH Meter (Mettler Toledo,
Guangzhou, China) [24].

For a typical test, 50 mL of 0.01 M KNO3 solution was pipetted into a 100 mL covered conical flask.
The initial pH value was adjusted to a value within the range of 2–10, using 0.10 M HCl or NaOH
solution, and denoted as pHi. Then, 0.1 g biochar was added and the mixture was shaken at 120 r/min
and 25 ◦C, for 48 h. Subsequently, the mixture was filtered and the pH of the filtrate was marked as
pHf. In the case where ∆pH (∆pH = pHf − pHi) is 0, the value of pHi (or pHf) is the pHpzc of the
biochar [25].

A Vario EL cube elemental analyzer (Elementar, Karlsruhe, Germany) was used to determine the
C, H, and N content of biochar and its fractions, and the H/C value was calculated.

2.3. Determination of Oxygen-Containing Functional Groups on Biochar Surface

Boehm titration [26] was applied to quantitatively determine the oxygen-containing functional
groups on the surface of biochar. Specifically, 1.0 g of biochar was placed in a 100 mL covered conical
flask, and 25 mL of 0.05 M alkaline solution (NaHCO3, Na2CO3, and NaOH) and 25 mL of 0.05 M
acidic solution (HCl) were added, respectively. The mixture was shaken at 120 r/min and 25 ◦C for 24 h
before being subjected to filtration. Subsequently, back titration was carried out with 0.05 M NaOH
and HCl [27] to determine the content of acidic and basic groups on the surface of biochar.

2.4. Adsorption Experiment and Characterization before and after Hg2+ Adsorption

A HgCl2 3 mM solution was prepared. Then, 1.0 g of biochar (passed through a 200-mesh sieve)
and 200 mL HgCl2 solution were placed into a 250 mL covered conical flask. The mixture was shaken
at 120 r/min and 25 ◦C for 24 h and filtrated upon reaching adsorption equilibrium. The pH of the
filtrate was measured, and the concentration of Hg2+ was determined via an inductively coupled
plasma mass spectrometer (ICP-MS, Santa Clara, CA, USA). On this basis, the Hg2+ amount adsorbed
was calculated. Meanwhile, the leaching experiments of all biochars were conducted under the same
conditions, with samples withdrawn at certain time intervals (3, 5, 10, 20, 30, 60, 90, 120, 150, 180, 240,
300, 420, 540, and 720 min). After filtration, the changes in the concentrations of K+, Na+, and Hg2+ in
the leaching solution were measured.

The surface functional groups of the samples before and after mercury adsorption were identified
by Fourier-transform infrared spectroscopy (FTIR), using a Nicolet 5700 machine (Thermo Nicolet,
Waltham, MA, USA). The change in the valence state of Hg2+ before and after mercury adsorption was
determined by X-ray photoelectron spectroscopy (XPS), using an Axis Ultr DLD machine (Thermo
Fisher Scientific, Waltham, MA, USA) and analyzing the experimental data using the software Peak 4.1.
(Hampton, MA, USA) The main elemental composition of biochar was detected by an energy-dispersive
spectrometer (EDS), using a Quanta 250 (FEI, Hillsboro, OR, USA).

3. Results and Discussion

3.1. Physicochemical Properties of Biochar and Analysis of Surface Functional Groups

The different biochar fractions examined displayed varied physicochemical properties, as well
as difference in the concentration of surface functional groups. According to Lehmann [28] and
Shaaban et al. [29], when the pH value of the biochar is greater than pHpzc, the biochar surface is
negatively charged, which combined with positively charged ions present in the solution, leads to
weakened competitiveness of H+. As shown in Table 1, the pH of the biochar was greater than pHpzc,
so the surfaces of the five biochar fractions are all negatively charged, posing an electrostatic adsorption
effect on Hg2+. OC has the lowest pH with the highest contents of acidic functional groups such as
–OH and –COOH groups. This may be caused due to OC not being cleaned thoroughly after acid
washing or due to a replacement of the cations in the functional groups, such as –COOM (M is a metal
cation) by H+ during the acid washing process, resulting in the acidity of OC [30,31]. The pH value
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of OC did not change significantly after Hg2+ adsorption, which may be due to the release of H+ by
the complexation reaction between carboxyl/hydroxyl functional groups and Hg2+ [32]. Hg2+ mainly
exists in the anion forms of HgCl− and HgClO− in acidic solutions [33]. The carboxyl and hydroxyl
functional groups present on OC surface consume H+ by protonation, forming positively charged
–OH2+ and –COOH2+, which combine with HgCl− and HgClO− through electrostatic effect to remove
Hg2+. IC has the highest concentration of strongly basic functional groups, possibly attributed to
it being the product of RC pyrolysis and carbonization at 600 ◦C. Thy et al. [34] showed that after
high-temperature pyrolysis, graphitization of biochar occurs via polycondensation of low-temperature
aromatization, which removes organic components, resulting in increased alkali metal ions. The pH
of IC dropped significantly after Hg2+ adsorption, attributed to the fact that Hg2+ easily reacts with
OH− to form Hg2(OH)2 precipitation under alkaline conditions, resulting in decreased concentration
of OH− [35]. Although the concentration of carboxyl and hydroxyl oxygen-containing functional
groups in BHC and BCC decreased significantly, the H/C value of BHC and BCC decreased, and the
number of lactone groups increased significantly. Dougherty et al. [36] showed that a smaller H/C
value represents a lower degree of carbonation and a higher degree of aromatization. They showed that
the strength of the cation –π effect is mainly determined by the aromaticity degree of biochar surface,
i.e., the more abundant the –π conjugated aromatic structure, the stronger the electron donating ability
of the biochar, and thereby, the more significant the reduction effect. Therefore, BHC and BCC show a
strong reduction effect.

Table 1. Physicochemical properties and the number of surface functional groups of biochar (mmol/g).

Biochar pHpzc pH pH after
Adsorption H/C Carboxyl Lactone

Group
Phenolic
Hydroxyl

Acid
Functional

Groups

Basic
Functional

Groups

RC 9.3 9.5 7.6 0.036 0.370 0.050 0.125 0.545 0.970
IC 10.4 10.9 8.6 0.314 0.105 0.210 0.080 0.395 1.390
OC 3.3 3.6 3.3 0.043 0.495 0.090 0.355 0.940 0.285

BHC 8.2 8.4 6.4 0.017 0.400 0.190 0.015 0.605 0.905
BCC 8.1 8.3 6.5 0.018 0.180 0.195 0.175 0.550 0.895

RC: raw carbon; IC: inorganic carbon; OC: organic carbon; BHC: hydroxyl-blocked carbon; BCC:
carboxyl-blocked carbon.

3.2. FTIR Analysis of Biochar Fractions before and after Hg2+ Adsorption

The FTIR spectra of different biochar fractions before and after Hg2+ adsorption are shown in
Figure 1. A significant characteristic peak at 3431 cm−1 was observed for all the five biochar fractions.
This was assigned to –OH stretching vibration of alcohol hydroxyl groups and phenolic hydroxyl
groups formed via intermolecular hydrogen bonding, indicating the large concentration of –OH
contained in the biochar fractions [37]. The broad peak around 1578 cm−1 was assigned to the stretching
vibration of C=O in the lactone group and C=C in mononuclear aromatic hydrocarbons [38], while the
stretching vibration of –COOH resulted in the broad peak observed around 1425 cm−1 [39]. Therefore,
it can be concluded that biochar contains oxygen-containing functional groups, such as –COOH, –OH,
and lactone groups, observations consistent with the results in Table 1.

The absorption peaks weakened after Hg2+ adsorption for all the five biochar fractions, with the
most significant changes observed for absorption bands at 3431 and 1425 cm−1, indicating that
the concentration of –OH and –COOH groups were significantly affected by Hg2+ adsorption.
The absorbance of OC, RC, and BCC at 3431 cm−1 decreased by 0.474, 0.327, and 0.185, respectively,
after Hg2+ adsorption, indicating that the –OH groups possibly reacted with Hg2+. This is consistent
with the perspective proposed by Herrero et al. [40] that the phenolic hydroxyl groups on the adsorbent
surface undergo a complexation reaction with Hg2+. At 1425 cm−1, the absorbance of OC, RC,
and BHC decreased by 0.178, 0.103, and 0.083, respectively, after Hg2+ adsorption. Zhang [41]
and Goyal [42] et al. also found that the oxygen-containing functional groups (e.g., –COOH) on
the biochar surface reacted with Hg2+, which weakened the vibration signal of –COOH in FTIR.
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Before Hg2+ adsorption, the concentration of lactone functional groups in BHC and BCC was big
(Table 1). After Hg2+ adsorption, the absorbance of BHC and BCC at 1578 cm−1 decreased by 0.166 and
0.182, respectively, indicating that the C=O in the lactone group and C=C in aromatic hydrocarbons
engaged in a reaction with Hg2+. A smaller H/C value represents a more significant reduction effect of
cation –π, as the –π electron of the benzene ring can reduce Hg2+ to Hg+ [36,43]. This also proves that
BHC and BCC have a strong reduction effect, in accordance with Table 1.
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3.3. XPS Analysis of Biochar Fractions before and after Hg2+ Adsorption

XPS characterization was carried out for biochar fractions before and after mercury adsorption,
to analyze the valence changes of C, O, and Hg and to further clarify the adsorption mechanisms
of mercury by biochar. Table 2 shows the peak area changes of different forms of C and O in the
five biochar fractions before and after mercury adsorption. After mercury adsorption by RC and
OC, the contents of carboxyl C (288 eV) decreased by 6.4% and 9.5%, and the contents of carboxyl O
(534.6 eV) decreased by 9.6% and 13.0%, respectively. Meanwhile, the contents of hydroxyl O (532.4 eV)
decreased by 4.7% and 5.6% in RC and OC, respectively. These results are consistent with the FTIR
analysis, indicating that the –COOH and –OH functional groups on the biochar surface complexed
with Hg2+. The variation of carboxyl and hydroxyl groups on the OC surface is more significant than
that on RC surface, attributed to OC being weakly acidic whereas RC is alkaline. Hg2+ is more likely
to form Hg(OH)2 under alkaline conditions [44], but OC contains more –COOH and –OH functional
groups and, therefore, engages more Hg2+. The content of hydroxyl O on BCC surface decreased by
7.1%, while the contents of carboxyl C and O on BHC surface dropped by 5.3% and 6.8%, respectively.
This indicates that the –COOH groups of BHC and –OH groups of BCC also contribute greatly to
mercury removal. After Hg2+ adsorption by IC, BHC, and BCC, the areas of C peaks at 284.7 (C=C)
and 531.7 eV (C=O) decreased significantly, and the O peak at 531.7 eV decreased by 3.1%, 13.0%,
and 15.9%, respectively. These changes indicate that C=C and C=O are also involved in Hg2+ removal,
by combining with mercury to form Hg–Cπ and remove Hg2+ [45].
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Table 2. Elemental binding energy and mass content of different biochar components before and after
Hg2+ adsorption.

Element BE(eV) a PA(%) b of RC PA(%) b of IC PA(%) b of OC PA(%) b of BHC PA(%) b of BCC

BS c AS d BS AS BS AS BS AS BS AS

C1s(C=C) 284.7 54.0% 49.7% 55.8% 51.2% 50.6% 52.1% 61.4% 55.5% 60.7% 52.8%
C1s(C–O) 285.6 25.7% 36.7% 14.0% 27.1% 12.9% 24.1% 5.7% 25.4% 7.5% 23.6%
C1s(C=O) 287.1 8.0% 7.7% 22.2% 18.6% 16.4% 15.1% 22.1% 13.6% 27.4% 19.7%
C1s(–COO) 288.8 12.3% 5.9% 8.0% 3.1% 18.1% 8.6% 10.8% 5.5% 4.5% 4.0%
O1s(C=O) 531.7 25.5% 33.2% 41.2% 38.1% 27.4% 37.7% 51.5% 38.5% 53.4% 37.5%
O1s(hydroxyl) 532.4 23.5% 18.8% 15.5% 11.7% 25.5% 16.9% 7.4% 7.2% 21.7% 14.6%
O1s(C–O) 533.6 25.2% 31.7% 21.3% 36.9% 17.0% 28.3% 15.1% 35.1% 19.8% 40.9%
O1s(COO) 534.6 25.8% 16.3% 21.0% 13.3% 30.2% 17.2% 26.1% 19.3% 5.1% 5.0%

a BE: binding energy, b PA: peak area, c BS: before sorption of Hg2+, d AS: after sorption of Hg2+.

The XPS pattern analysis of Hg4f (Figure 2) confirms that a certain amount of Hg2+ was adsorbed
on biochar. Obvious Hg4f 7/2 and Hg4f 5/2 peaks were observed for RC, IC, and OC, at the binding
energies of 101.50 and 101.80 eV, which are two states of spin orbits with a split value of 4.1 eV (distance
between two Hg4f peaks), representing the complexes of (–COO)2Hg and (–O)2Hg [46,47]. According to
the areas of fitted peaks assigned to (–COO)2Hg and (–O)2Hg, the complexations by IC, RC, and OC
account for 39.8%, 68.9%, and 71.6%, respectively, with the corresponding (–COO)2Hg taking up 18.0%,
51.0%, and 64.6%, respectively. Therefore, it can be concluded that the main adsorption mechanism of
RC and OC is a complexation, dominated by –COOH functional groups. Manivannan [48], Wang [49],
and Hyland [50] et al. have discovered that the peaks at the binding energies of 102.5 (Hg4f 7/2) and
106.4 eV (Hg4f 5/2) correspond to Hg2+; the fitted peak at 103.6 eV is attributed to Hg2Cl2; and the peak
at 99.8 eV is assigned to Hg0. The fitted peak of Hg+ at 103.6 eV is present in the XPS spectra of all
the five biochar factions, with the fitted peak of Hg0 at 99.8 eV being observed only for IC (Figure 2).
According to FTIR analysis and the significant decrease of the concentration of phenolic hydroxyl
groups on biochar (except BHC) after Hg2+ adsorption (Figure 1, Table 2), there may be a reduction
effect of phenolic hydroxyl groups and –π electrons during mercury adsorption, causing the reduction
of Hg2+ to Hg+ and Hg0. Such reduction reactions account for 25.2%, 36.4%, and 13.0% in the Hg2+

adsorption by RC, OC, and IC, respectively.
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According to the above analysis, the fitted peaks at 105.6 and 105.9 eV represent (–COO)2Hg and
(–O)2Hg, respectively, indicating that the complexation reaction accounts for 23.3% and 28.3% in the
adsorptions by BHC and BCC, respectively. Xu et al. [51] assigned the fitted peak around 101.7 eV to
Hg–Cπ, formed from the reduction of Hg2+ to Hg+ by the –π bond and the further combination of Hg+

with C=C and C=O. Its peak area accounts for 37.1% and 41.4% in the XPS spectra of BHC and BCC,
respectively. According to the areas of fitted peaks at 103.6 eV (Hg2Cl2) in the XPS spectra of BHC and
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BCC, reduction accounts for 17.5% and 13.1%, respectively. Thus, the overall reduction effect of BHC
and BCC contribute 54.6% and 54.5%, respectively. Therefore, the main adsorption mechanism of BHC
and BCC is by reduction.

3.4. EDS Analysis of Biochar Fractions before and after Hg2+ Adsorption and Leaching Experiments

According to the EDS spectra of the five biochar fractions before and after Hg2+ adsorption and
leaching experiments of all biochar, IC contains the most basic cations. Therefore, only IC analysis
results were displayed. As shown in Figure 3a, after Hg2+ adsorption by IC, the concentration of metal
cations, such as K+, Na+, Mg2+, and Al2+, on the biochar decreased, accompanied by the appearance of
a relatively obvious mercury peak, indicating that there may be an ion exchange mechanism during the
adsorption process. Among the various cations, the most significant reduction was observed for K+,
followed by Na+, implying that Hg2+ is more prone to ion exchange with K+ and Na+. As suggested by
Figure 3b, the K+ and Na+ concentrations gradually increased with time, and the Hg2+ concentration
simultaneously decreased, until the adsorption equilibrium. The adsorption contribution rates of K+

and Na+ (30.6% and 10.3%, respectively) were calculated, and based on the concentration of K+, Na+,
and Hg2+ at the adsorption equilibrium, the adsorption contribution rate of ion exchange was 40.9%.
According to studies carried out by Kílıç [19] and Carro et al. [52], K+ and Na+ are more prone to
ion exchange with Hg+. The contents of Hg+ and Hg2+ determined by XPS analysis are 17.3% and
23.9%, respectively. Hence, in the total ion exchange of 40.9%, Hg+ and Hg2+ take up 17.3% and 23.6%,
respectively. Associating with XPS analysis, the complexation and reduction reactions during Hg2+

adsorption by IC account for 39.8% and 36.4%, respectively. Therefore, the main mechanism for Hg2+

adsorption by IC is ion exchange. In addition, the adsorption contribution rates of ion exchange in
the removal of Hg2+ (40.9%) by IC is higher in comparison with other adsorbents such as 31.7% by
activated sludge biomass [19] and 35.0% by algal biomass [52].
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Figure 3. (a) EDS analysis before and after adsorption of Hg2+ by IC; (b) The concentration change of 
K+, Na+, and Hg2+ with oscillation time after adsorption of Hg2+ by IC. 
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3.5. Adsorption Mechanisms

All five biochar fractions have negatively charged surfaces and can adsorb positively charged Hg2+

via, for example, electrostatic effects (Table 1). According to the above analysis, the main adsorption
mechanisms and contribution rates of Hg2+ adsorption by RC and its fractions were determined. Based
on Table 3, the equilibrium adsorption amount of Hg2+ by RC is 75.56 mg/g. As calculated based on
the mass fractions of IC and OC, the theoretical adsorption capacity of RC is 75.52 mg/g, which is very
close to the measured value of 75.56 mg/g, indicating that the adsorption contribution rates of inorganic
and organic components in RC account for approximately 22.4% and 77.6%, respectively. The main
adsorption mechanism of RC and OC in the Hg2+ adsorption process is based on a complexation
reaction, where oxygen-containing functional groups, such as –COOH and –OH groups, react with
Hg2+ to form (–COO)2Hg and (–O)2Hg complexes. The complexation effects of RC and OC contribute
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68.9% and 71.6%, respectively. In the complexation reaction of RC, the contribution rates of the
adsorption by –COOH and –OH groups are 51.0% and 17.9%, respectively. The reaction formulae are
as follows [17]:

2 (-COOH) + Hg2+→ (-COO)2-Hg + 2H+, (1)

2 (-OH) + Hg2+→ (-O)2-Hg + 2H+. (2)

IC has the maximum equilibrium capacity for Hg2+ adsorption of 92.63 mg/g. This may be due
to the reduction of Hg2+ to Hg+ and Hg0 by –π electrons and phenolic hydroxyl groups (36.4%),
the complexation reaction between carboxyl/hydroxyl functional groups and Hg2+ (39.8%), and the ion
exchange of Hg2+ and Hg+ with K+ and Na+ (40.9%) occurring simultaneously. The main adsorption
mechanism of IC is ion exchange, during which the ion exchange of Hg+ and Hg2+ contributes 17.3%
and 23.6%, respectively.

As shown in Table 3, the equilibrium capacities for Hg2+ adsorption by BHC and BCC are
significantly lower compared to IC, being 66.30 and 61.13 mg/g, respectively. In addition, the calculated
theoretical adsorption capacities of BHC and BCC, based on their mass fractions, are 65.96 and
61.43 mg/g, respectively, which are close to the measured values. The –π electrons and phenolic
hydroxyl groups on the surfaces of BHC and BCC reduce Hg2+ to Hg+, and total reduction ratios
take up 54.6% and 54.5%, respectively. According to the adsorption capacities of BHC and BCC,
the adsorption contribution rates of the –COOH groups on BHC surface and the –OH functional groups
on BCC surface are 20.4% and 12.3%, respectively. As for RC, –COOH and –OH groups contribute
51.0% and 17.9% respectively, to the total adsorption. The reason for this difference may be attributed
to the presence of some –COOH and –OH functional groups remaining after the blocking of the biochar
functional groups (Table 1).

Table 3. Contribution rate (%) and adsorption quantity of Hg2+ (mg/g) at equilibrium by biochars.

Biochars Mass Percentage (%) Adsorption Quantity of
Hg2+ (mg/g)

Adsorption
Mechanism

Adsorption
Contribution Rate (%)

RC 100.0 75.56
Complexation with
–COOH and –OH 68.9

Reduction reaction 25.2

IC 22.4 92.63

Complexation with
–COOH and –OH 39.8

Reduction reaction 36.4
Cation exchange 41.2

OC 77.6 70.57
Complexation with
–COOH and –OH 71.6

Reduction reaction 13.0

BHC 87.3 66.30
Complexation with

–COOH 23.3

Reduction reaction 54.6

BCC 81.3 61.13
Complexation with

–OH 28.3

Reduction reaction 54.5

The adsorption mechanisms of Hg2+ removal by RC include electrostatic adsorption, ion exchange,
reduction, precipitation, and complexation. Among all adsorption mechanisms, the complexation
reaction of –COOH/–OH groups with Hg2+ plays the dominating roles, and the adsorption contribution
rate of –COOH functional groups is greater than that of –OH functional groups.

The adsorption capacity of Hg2+ by corn-straw-based biochar (75.56 mg/g) was found to be
higher than some values reported in literature, such as 35.71 mg/g by sugarcane bagasse [13],
22.82 mg/g by peanut husk biochar [15], 19.30 mg/g by activated sludge biomass [19], and 24.20 mg/g
by Brazilian pepper biochars [20]. It is, however, similar to the value determined for Aspergillus
versicolor biomass (75.60 mg/g) [18], and slightly lower than the adsorption capacities reported for
flax shive sorbent (89.50 mg/g) [9] and fruit shell of Terminalia catappa (82.93 mg/g) [11]. Moreover,
the irreversible complexation reaction of –COOH/–OH groups with Hg2+ is the main adsorption
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mechanism, which reduces the secondary pollution to aqueous solution even depositing it to the water
bottom. Therefore, it is helpful to provide theoretical basis and data support for the special adsorption
of functional adsorbents and has practical significance for the treatment of mercury pollution in
water. In addition, by studying the adsorption mechanisms of biochar different fractions for Hg2+,
the contribution rate of each fraction of the adsorbent to Hg2+ was calculated, providing a certain
theoretical basis for the research on the removal of Hg from biochar.

4. Conclusions

Except for OC, which is weakly acidic, the other four biochar fractions are basic (IC has the strongest
basicity), and their pH values are significantly lower after Hg2+ adsorption. In addition, the pH values
of all five biochar fractions are greater than their corresponding pHpzc values. The surfaces of the
biochar fractions are negatively charged and adsorb positively charged Hg2+.

The equilibrium adsorption capacity of RC for Hg2+ is 75.56 mg/g, with IC and OC contributing
22.4% and 77.6%, respectively. IC has the largest equilibrium adsorption capacity of 92.63 mg/g,
which may be due to all the adsorption mechanisms involved in the adsorption process. Moreover,
the equilibrium adsorption capacities of BHC and BCC are significantly lower, being 66.30 and
61.13 mg/g, respectively.

There are five reaction mechanisms identified for Hg2+ removal by biochar: electrostatic adsorption,
cation exchange, precipitation, reduction effect of –π and phenolic hydroxyl groups, and complexation
by –OH and –COOH groups. The main adsorption mechanism of RC and OC is the complexation
of oxygen-containing functional groups with Hg2+, accounting for 68.9% and 71.6%, respectively.
The contribution rates of –COOH and –OH groups in RC complexation reaction are 51.0% and 17.9%,
respectively, while those in OC complexation reaction are 64.6% and 7.0%, respectively. Among the five
examined fractions, IC plays a major role in mercury adsorption by RC. All adsorption mechanisms
identified are involved in the adsorption process by IC, with ion exchange being the main one,
accounting for 39.8%. The reduction effect of phenolic hydroxyl groups and –π electrons is the main
mechanism for Hg2+ removal by BHC and BCC, taking up 54.6% and 54.5% of the total adsorption
for each fragment, respectively. In addition, the adsorption contribution rates of –COOH groups on
BHC surface and –OH functional groups on BCC surface are 20.4% and 12.3%, respectively. Among all
the adsorption mechanisms, the complexation reaction of –COOH/–OH groups with Hg2+ plays the
dominating roles, and the adsorption contribution rate of –COOH functional groups is greater than
that of –OH functional groups. These conclusions play a guiding role in the remediation mechanism of
heavy metals by biochar in water. The prepared RC could be a promising low-cost adsorbent for the
treatment of Hg2+-contaminated water.
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Abstract: The purpose of this study was to compare the removal efficiencies of manganese (Mn) and
iron (Fe) using pristine banana peel biochar (BPB) and phosphoric acid pre-treated biochars (PBPB)
derived from banana peels. The removal efficiencies of Mn and Fe were investigated under different
adsorbent dosages (0.4–2 g L−1), temperatures (15–45 ◦C), and ionic strengths (0–0.1 M), and were
directly correlated to the differences in physicochemical properties of BPB and PBPB, to identify the
removal mechanisms of heavy metals by adsorption processes. The removal of Mn by PBPB obeyed
the Freundlich isotherm model while the removal of Mn and Fe by BPB followed the Langmuir
isotherm model. However, the removal of Fe by PBPB followed both Freundlich and Langmuir
isotherm models. The removal efficiencies of Mn and Fe by BPB and PBPB increased with increasing
temperatures and decreased with increasing ionic strengths. PBPB more effectively removed Mn and
Fe compared to BPB due to its higher content of oxygen-containing functional groups (O/C ratio of
PBPB = 0.45; O/C ratio of BPB = 0.01), higher surface area (PBPB = 27.41 m2 g−1; BPB = 11.32 m2 g−1),
and slightly greater pore volume (PBPB = 0.03 cm3 g−1; BPB = 0.027 cm3 g−1). These observations
clearly show that phosphoric acid pre-treatment can improve the physicochemical properties of
biochar prepared from banana peels, which is closely related to the removal of heavy metals by
adsorption processes.

Keywords: biochar; manganese; iron; banana peel; adsorption; pre-treatment; phosphoric acid

1. Introduction

Water pollution by heavy metals released from various industrial activities such as metal
plating and cleaning, mining, refineries, coatings, batteries, and automobile radiators, is an
emerging environmental issue in water treatment engineering since heavy metals may pose
adverse effects on human health and aquatic ecosystems due to their high toxicity, carcinogenicity,
and non-biodegradability [1,2]. Among various heavy metals used in industrial activities, manganese
(Mn) and iron (Fe) are known to be major inorganic pollutants affecting water quality [3]. Although Mn
is essential to activate enzymes in the human system, high Mn concentrations can generate respiratory
diseases, and continuous administration can cause neurotoxicity risk in humans [3,4]. In the case of Fe,
it can cause undesirable aesthetic concerns (i.e., metallic tastes) and lead to the growth of ferrobacteria
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related to odor problems [3]. The World Health Organization (WHO) have set a safe drinking water
concentration of 0.05 and 0.3 mg L−1 for Mn and Fe, respectively [5]. Based on these reasons, there is
great need to develop an economic and efficient method for removing heavy metals from wastewater.

Several treatment techniques, including membrane filtration (e.g., reverse osmosis and
nanofiltration), chemical precipitation, and oxidation/reduction, are available for the removal of
heavy metals, including Mn and Fe, from industrial wastewater [6–10]. A commonly practiced Mn
and Fe treatment approach is to chemically oxidize dissolved Mn(II) to particulate Mn(IV) or dissolved
Fe(II) to particulate Fe(III), followed by physical separation of the insoluble precipitates from water
using clarification and filtration processes [9,11]. However, most of those are not applicable for
wastewater treatment due to their low removal efficiencies when the heavy metal concentrations are
lower than 100 mg L−1 [12]. In contrast, activated carbon may effectively remove heavy metals from
wastewater even at low concentrations [13]. Despite this advantage, the use of the activated carbon
adsorption process for the removal of heavy metals has been limited as it requires high maintenance
and operational costs [14]. In recent years, biochars, which can be produced at low cost, have attracted
great attention as an alternative to activated carbon [15–18]. Biochar is an ecofriendly adsorbent
produced using by-products of the agricultural industries and wastes from various crops, and is
effective for removing heavy metals from wastewater [18–21].

Over the wide range of crops, bananas cultivated in more than 130 countries are regarded to
be one of the most widely grown tropical fruits in the world [22]. The world production of bananas
was approximately 117.9 million tons in 2015 [23], and about 7 million tons of banana peel wastes are
produced annually (the proportion of banana peels in total dry weight = 25–30%) [24]. Currently, most
banana peel wastes are used as natural fertilizers on soils in agricultural fields, and some of them are
fed to animals [25]. Banana peels contain a large amount of pectins which are complex polysaccharides
consisting of galacturonic acids, arabinoses, galactoses, and rhamnoses. Among them, galacturonic
acids have a strong binding capacity to the metal cations in the aqueous phases due to the presence of
carboxyl groups [22,26]. Therefore, biochar derived from banana peels is considered to be a promising
option for removing heavy metals effectively from wastewater.

Raw biochars have showed feasibility for adsorbent material to remove contaminants including
heavy metals and organic pollutants [17,18,21,27,28]. However, the sorption capacities can be enhanced
by treatment with acids, nanocomposites, and activation agents [17,29,30]. For example, Chu et al.
showed that phosphoric acid treatment improved the porosity of biochars from pine sawdust, cellulose,
and lignin [31]. The modified biochars provided better sorption of carbamazepine and bisphenol
A. The sorption for 15 different pesticides by biochars from rice straw and corn stover was also
increased by phosphoric acid treatment due to increased functional groups and aromatization of the
biochars [32]. Considering the effects of phosphoric acid treatment on porosity and the modification of
functional groups of biochars, the treatment method can be applied to improve removal efficiencies
of heavy metals by biochars from other sources. In addition, phosphoric acid has advantages in low
pyrolysis temperature, low cost, and low corrosivity to the equipment [31]. Nevertheless, to the best
of our knowledge, phosphoric acid pre-treatment has not been used to enhance the physicochemical
properties of biochars from banana peels in association with the adsorption of heavy metals.

The main purpose of this study was to evaluate the effects of phosphate pre-treatment on the
adsorption of heavy metals (i.e., Mn and Fe) using biochars prepared from banana peels. First, the
physicochemical characteristics of pristine and phosphoric acid pre-treated biochars derived from
banana peels were rigorously characterized. Then, various adsorption experiments were conducted
to investigate optimum adsorbent dosages, adsorption kinetics, adsorption isotherms, and effects of
temperature and ionic strengths on adsorption. The improved adsorption efficiencies by phosphoric
acid treatment were analyzed based on the physicochemical characteristics of the biochar, and the
adsorption mechanisms of Mn and Fe were discussed. This study improves our understanding of the
effect of phosphoric acid treatment on modification of the surface structure and functional groups of
biochars for heavy metal removal.
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2. Materials and Methods

2.1. Materials

Banana peel wastes were collected in Chuncheon-si (Gangwon-do, Korea). Mn (KMnO4,
oxidation state = +7, concentration = 1000 mg L−1) and Fe (Fe(NH4)2·(SO4)2, oxidation state = +2,
concentration = 1000 mg L−1) AA standard solutions and phosphoric acid (H3PO4), were purchased
from Daejung Chemicals & Metals (Siheung-Si, Gyeonggi-Do, Korea). Mn(VII) and Fe(II) solutions
for adsorption experiments were prepared by diluting the concentrated standard solutions in
deionized water.

2.2. Production of Biochar

The banana peel wastes were dried in an oven at 105 ◦C for 24 h, ground using a mortar, washed
several times with deionized (DI) water to remove impurities on their surfaces, and then dried in
the oven at 105 ◦C for 12 h. From the resulting banana peel powder, 50 g was immersed in a 500 mL
phosphoric acid solution (20 wt. %) for 2 h to activate adsorption sites, and dried at 105 ◦C for 12 h.
Pristine and phosphoric acid pre-treated banana peel wastes (weight of each banana peel waste = 20 g)
were pyrolyzed in the tubular furnace (PyroTech, Namyangju, Gyeonggi-do, Korea) at 600 ◦C (heating
rates = 0.2 ◦C min−1) under N2 conditions (N2 flow rate = 0.25 L min−1) for 2 h and then cooled to
room temperature. Biochars prepared from banana peel wastes were washed several times with DI
water, filtered with a 0.7 µm GF/F filter (Whatman, Maidstone, UK), and then dried in the oven at
105 ◦C for 12 h. Biochars produced from pristine and phosphoric acid pre-treated banana peel wastes
are defined as BPB (banana peel biochar without pre-treatment) and PBPB (pre-treated banana peel
biochar), respectively.

2.3. Characterization of Biochar

Element composition of BPB and PBPB was analyzed using an elemental analyzer (EuroEA3000
CHNS-O, Euro Vector S.p.A, Via Tortona, Milan, Italy). The ash content was calculated by subtracting
the quantities of carbon (C), hydrogen (H), nitrogen (N), and oxygen (O) from the total mass fraction of
the adsorbents. The specific surface area of biochar was determined with a Bronauer–Emmett–Teller
(BET) analyzer (BELSORP-mini II, MicrotracBEL, Japan). The functional group composition of the
adsorbents was identified using attenuated total reflectance-Fourier transform infrared spectroscopy
(ATR-FTIR) (Frontier Optica, Perkin Elmer, Waltham, MA, USA).

2.4. Adsorption Experiments

2.4.1. Optimal Adsorbent Dosages

Prior to the adsorption kinetics experiments, the optimum dosage of BPB and PBPB for each
heavy metal was determined. The adsorbents (dosage = 0.02–4 g L−1) were added to 25 mL of heavy
metal solution (each metal concentration = 10 mg L−1, pH = 7.0) and then mixed at 150 rpm and 25 ◦C
using a shaking incubator (VS-8480, Vision Scientific, Daejeon-Si, Korea) for 3 h. All the adsorption
tests were repeated three times to minimize experimental errors.

2.4.2. Adsorption Kinetics Analysis

For adsorption kinetics experiments, the optimum dosage of each adsorbent was added to 25 mL of
sample solutions (each heavy metal concentration = 10 mg L−1) and mixed at 150 rpm using the shaking
incubator for 0–24 h (temperature = 25 ◦C, pH = 7.0). The concentrations of Mn and Fe at the initial
and equilibrium states were measured using colorimetric methods with a UV-Vis spectrophotometer
(UV-1280, Shimadzu, Kyoto, Japan) at UV absorbances of 525 and 510 nm, respectively. All the
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adsorption tests were repeated three times to minimize experimental errors. The amount of adsorbed
heavy metals at time t (qt (mg g−1)) was calculated as follows [14]:

qt =
(C0 −C)V

m
(1)

where C0 and C are the initial and final concentrations (mg L−1) of heavy metals in the solutions, V is
the volume (L) of the solution, and m is the mass (g) of the used adsorbents.

The removal efficiencies of heavy metals were calculated using Equation (2) [14]:

Removal efficiency of heavy metal (%) =
(C0 −Ce)

C0
× 100 (2)

where Ce represents the concentrations of each heavy metal (mg L−1) at equilibrium of the solutions.
The adsorption kinetics of Mn and Fe were investigated using Equations (3) and (4):

Pseudo-first-order model : log(qe − qt) = log(qe) − k1t
2.303

(3)

Pseudo-second-order model :
t
qt

=
1

k2q2
e
+

t
qe

(4)

where k1 (min−1) is the constant of the pseudo-first-order equation, and k2 (g mg−1 min−1) is the
constant of the pseudo-second-order equation. qe (mg g−1) is the adsorption capacity at equilibrium.

2.4.3. Adsorption Isotherm Analysis

The adsorption isotherms of Mn and Fe by BPB and PBPB were identified with 6 different initial
concentrations (each heavy metal concentration = 1–10 mg L−1) under controlled conditions (agitation
time = 24 h, mixing speed = 150 rpm, temperature = 25 ◦C, pH = 7.0). The adsorption results were
analyzed using the Langmuir and Freundlich isotherm models.

Langmuir isotherm : qe =
qmaxKLce

1 + KLce
(5)

where qe (mg g−1) is the maximum monolayer adsorption capacity of heavy metals, and KL (L mg−1) is
the equilibrium constant of the Langmuir equation.

Freundlich isotherm : qe = KFc1/n
e (6)

where KF (mg1−(1/n) L1/n g−1) is the Freundlich adsorption constant, and n is the dimensionless empirical
coefficient related to adsorption strength, which depends on the surface heterogeneity.

2.4.4. Effects of Temperatures and Ionic Strengths

The effects of temperature and ionic strength on the adsorption of heavy metals by BPB and
PBPB were investigated at various temperatures (15–45 ◦C) and ionic strength conditions (0.005–0.1 M)
(each heavy metal concentration = 10 mg L−1, agitation time = 6 h, mixing speed = 150 rpm,
temperature = 25 ◦C, pH = 7.0). The removal efficiencies of Mn and Fe using BPB and PBPB were
calculated using Equations (2) and (3) as described in the previous section.

3. Results and Discussion

3.1. Physical Properties of Biochar

Figure 1 illustrates the functional group composition of BPB and PBPB, measured using ATR-FTIR.
The functional group composition of BPB and PBPB was similar, but the intensities of the IR peaks of
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the functional group composition affecting the adsorption of heavy metals were different. The IR peaks
related to O-H stretching and C-O stretching of alcohols appeared at 3500–3000 cm−1 (BPB = 3443 cm−1,
PBPB = 3431 cm−1) and 1210–1100 cm−1 (BPB = 1103 cm−1, PBPB = 1180 cm−1) due to the presence of
alcohol functional groups (-CH2OH-) derived from the cellulose component of the banana peels [33].
The IR peaks related to N-H stretching of amides were found in the range of 1650–1550 cm−1

(BPB = 1565 cm−1, PBPB = 1575 cm−1). Furthermore, C-H stretching of alkanes and C-H stretching
of aromatics exhibited relatively strong IR peaks in the range of 1500–1300 cm−1 and 900–670 cm−1,
respectively [34]. The IR peak derived from C-O stretching of alcohols exhibited a relatively high
IR intensity in PBPB compared to BPB in the range of 1210–1100 cm−1 because the phosphoric acid
pre-treatment promoted the formation of oxygen-containing functional groups closely associated with
the adsorption of heavy metals [34,35].
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Figure 1. Attenuated total reflectance (ATR)-FTIR spectra of banana peel biochar without pre-treatment
(BPB) and pre-treated banana peel biochar (PBPB).

Table 1 shows the elemental composition and surface properties of BPB and PBPB. Although
the hydrogen, nitrogen, and ash content of BPB and PBPB were similar (H content of BPB = 1.6%,
H content of PBPB = 1.9%; N content of BPB = 2.9%, N content of PBPB = 2.2%; ash content of BPB
= 19.0%, ash content of PBPB = 16.4%), PBPB had lower carbon content (54.7%) and higher oxygen
content (24.8%) compared to BPB (C content = 75.4%, O content = 1.1%). Therefore, the H/C, O/C, and
N/C ratios of PBPB were much higher than those of BPB. These observations indicate that increases in
hydroxyl and carboxyl functional groups in PBPB after phosphoric acid pre-treatment may enhance
electrostatic attractions between heavy metals and the adsorbent surfaces intimately related to the
adsorption of heavy metals [36]. Furthermore, the specific surface area and total pore volume of PBPP
(specific surface area = 27.41 m2 g−1; total pore volume = 0.032 cm3 g−1) were considerably greater
compared to BPB (BPB = 11.32 m2 g−1; total pore volume = 0.027 cm3 g−1). These results suggest that
heavy metals can be adsorbed more readily by PBPB than BPB due to its abundance of adsorption
sites [12].
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Table 1. Physicochemical properties of BPB and PBPB.

Elements Composition (%) Atomic Ratio SBET
(m2 g−1)

Pore Volume
(cm3 g−1)C H O N Ash H/C O/C N/C

BPB 75.4 1.6 1.1 2.9 19.0 0.022 0.014 0.038 11.32 0.027
PBPB 54.7 1.9 24.8 2.2 16.4 0.035 0.453 0.039 27.41 0.032

3.2. Effects of Adsorbent Dosages

Figure 2 presents the change in the removal efficiencies of Mn and Fe as a function of adsorbent
dosages. The removal efficiencies of Mn and Fe using BPB and PBPB were increased with increasing
adsorbent dosages because of the increased availability of adsorption sites on the adsorbent surfaces [14].
The lower removal efficiencies of Mn by BPB and PBPB compared to those of Fe might be attributed to
differences in the electronegativity and ion radius of Mn and Fe. Since Fe has a higher electronegativity
than Mn (Fe = 1.8, Mn = 1.5) and a small ion radius, it can more easily diffused into the pores of PBPB
and BPB [37,38]. In the equilibrium state, PBPB exhibited higher removal efficiencies of Mn and Fe
than BPB (removal efficiency of Mn by BPB = 32%, removal efficiency of Mn by PBPB = 46%, removal
efficiency of Fe by PBPB = 96%, removal efficiency of Fe by BPB = 85%). These results mean that
phosphate pre-treatment promoted the formation of functional groups on the biochar surfaces capable
of adsorbing heavy metals [27,39]. The removal efficiencies of Mn by BPB and PBPB reached the steady
state at an adsorbent dosage of 3 g L−1 while the steady states of Fe adsorption occurred at 0.1 g L−1 for
BPB and 0.3 g L−1 for PBPB, respectively. Hence, the PBPB and BPB dosages obtained at their steady
states for Mn and Fe were applied for further adsorption experiments.
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3.3. Adsorption Kinetics of Mn and Fe

Figure 3 depicts the adsorption kinetics of Mn and Fe by BPB and PBPB. The adsorption proceeded
rapidly in the beginning for both heavy metals (Mn ≤360 min; Fe ≤180 min) and almost reached
equilibrium at 10 h. A possible explanation for these results is that the availability of adsorption
sites plays key roles in the adsorption of Fe and Mn by BPB and PBPB [19]. Table 2 presents the
kinetic model parameters for the adsorption of Mn and Fe by BPB and PBPB. Based on the correlation
coefficient values (R2), the pseudo-second-order model better described the adsorption of Mn and Fe
by BPB and PBPB than the pseudo-first-order model. These observations indicate that the adsorption
of Mn and Fe by BPB and PBPB is predominantly governed by chemical adsorption (i.e., covalent
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bonding or ion/electron exchange) [27]. As shown in Figure 3, the adsorption capacities at equilibrium
(qe) of Mn and Fe by BPB were 1.14 and 31.61 mg g−1, respectively. Meanwhile, the qe of Mn and Fe by
PBPB were 2.03 and 32.99 mg g−1, respectively. The higher qe values by PBPB support the assumption
that PBPB is more effective for the adsorption of heavy metals than BPB due to its higher content of
oxygen-containing functional groups [34,35].Water 2020, 12, x FOR PEER REVIEW 7 of 13 
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Figure 3. Adsorption kinetics of heavy metals onto BPB and PBPB: (a,b) Mn and (c,d) Fe (agitation
time = 24 h, agitation speed = 150 rpm, adsorbent dosage of BPB and PBPB for Mn = 3 g L−1, adsorbent
dosage of BPB for Fe = 0.1 g L−1, adsorbent dosage of PBPB for Fe = 0.3 g L−1, initial concentration of
Mn and Fe = 10 mg L−1, pH = 7, and temperature = 25 ◦C).

Table 2. Kinetic model parameters for the adsorption of Mn and Fe by BPB and PBPB (n = 3).

k R2

BPB
Mn

First-order (min−1) 0.008 0.944
Second-order (g mg−1 min−1) 0.029 0.999

Fe
First-order (min−1) 0.007 0.867

Second-order (g mg−1 min−1) 0.004 0.999

PBPB
Mn

First-order (min−1) 0.009 0.965
Second-order (g mg−1 min−1) 0.003 0.977

Fe
First-order (min−1) 0.019 0.892

Second-order (g mg−1 min−1) 0.006 0.999
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3.4. Adsorption Isotherms of Mn and Fe

The adsorption mechanisms of Mn and Fe by BPB and PBPB were analyzed using the Langmuir
and Freundlich adsorption isotherm models (Figure 4 and Table 3). The Langmuir isotherm model was
well-fitted to the adsorption of Mn and Fe by BPB (R2 of Mn = 0.972, R2 of Fe = 0.869). These results imply
that monolayer adsorption is responsible for the adsorption of Mn and Fe by BPB [7]. The adsorption
of Mn by PBPB followed the Freundlich isotherm model (R2 = 0.993) more closely than the Langmuir
isotherm model (R2 = 0.898). It is evident that multilayer adsorption strongly contributes to the
adsorption of Mn by PBPB [13]. However, the adsorption of Fe by PBPB followed both Freundlich
(R2 = 0.933) and Langmuir isotherms (R2 = 0.949). The n value of the Freundlich isotherm model was
used to examine the adsorption affinity of Mn and Fe onto BPB and PBPB (Table 3): (i) n > 1 (favorable),
(ii) n = 1 (linear), and (iii) n < 1 (unfavorable) [30]. The adsorption of Mn and Fe by BPB (n value of
Mn = 7.267, n value of Fe = 1.069) and the adsorption of Mn by PBPB (n value = 2.471) were favorable
whereas the adsorption of Fe by PBPB (n value = 0.977) was not favorable. The separation parameter
RL value, based on RL = 1/(1 + KLC0) of the Langmuir isotherm model, was also calculated to assess
the adsorption preference of Mn and Fe toward BPB and PBPB: (i) RL > 1 (unfavorable), (ii) RL = 1
(linear), (iii) 1 > RL > 0 (favorable), and (iv) RL = 0 (irreversible) [40]. Since the RL values of Mn and
Fe by BPB and PBPB were in the range of 0–1 (RL of Mn by BPB = 0.003; RL of Fe by BPB = 0.146; RL

of Mn by PBPB = 0.012; RL of Fe by PBPB = 0.156), the adsorption of Mn and Fe by BPB and PBPB
seemed to be favorable.
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Figure 4. Adsorption isotherms of heavy metals onto BPB and PBPB: (a)–(b) Mn and (c)–(d) Fe 
(agitation time = 24 h, agitation speed = 150 rpm, adsorbent dosage of BPB and PBPB for Mn = 3 g L-1, 
adsorbent dosage of BPB for Fe = 0.1 g L−1, adsorbent dosage of PBPB for Fe = 0.3 g L−1, initial 
concentration of Mn and Fe = 10 mg L−1, pH = 7, and temperature = 25 °C).  

Figure 4. Adsorption isotherms of heavy metals onto BPB and PBPB: (a,b) Mn and (c,d) Fe (agitation
time = 24 h, agitation speed = 150 rpm, adsorbent dosage of BPB and PBPB for Mn = 3 g L−1, adsorbent
dosage of BPB for Fe = 0.1 g L−1, adsorbent dosage of PBPB for Fe = 0.3 g L−1, initial concentration of
Mn and Fe = 10 mg L−1, pH = 7, and temperature = 25 ◦C).
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Table 3. Isotherm model parameters for adsorption of Mn and Fe by BPB and PBPB (n = 3).

Mn Fe

BPB

Langmuir

KL (L mg−1) 32.204 0.583
qe (mg g−1) 0.796 27.355

RL 0.003 0.146
R2 0.972 0.869

Freundlich
KF (mg1−(1/n) L1/n g−1) 0.821 3.864

n 7.267 1.069
R2 0.81 0.826

PBPB

Langmuir

KL (dm3 mg−1) 7.943 0.540
qe (mg g−1) 2.319 29.55

RL 0.012 0.156
R2 0.898 0.949

Freundlich
KF (mg1−(1/n) L1/n g−1) 1.161 4.611

n 2.471 0.977
R2 0.993 0.933

3.5. Effects of Temperature on Adsorption of Mn and Fe

The effects of temperature on the adsorption of Mn and Fe by BPB and PBPB are compared
in Figure 5. The removal efficiencies of Mn and Fe by both BPB and PBPB were increased with
increasing temperatures from 15 (removal efficiency of Mn by BPB = 17%, removal efficiency of Mn
by PBPB = 46%, removal efficiency of Fe by BPB = 88%, removal efficiency of Fe by PBPB = 97%) to
45 ◦C (removal efficiency of Mn by BPB = 32%, removal efficiency of Mn by PBPB = 65%, removal
efficiency of Fe by BPB = 97%, removal efficiency of Fe by PBPB = 99%). These results suggest that
high temperatures may provide sufficient energy for the adsorption of heavy metals on the surficial
and interior layers of biochars [41]. From the higher removal efficiencies of Mn and Fe by PBPB than
BPB, it can be concluded that the abundance of oxygen-containing functional groups facilitates the
adsorption of heavy metals by carbonaceous adsorbents [36].
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3.6. Effects of Ionic Strength on Adsorption of Mn and Fe

Figure 6 illustrates the effects of ionic strength on the removal of heavy metals by BPB and PBPB.
The removal efficiencies of Mn and Fe by BPB and PBPB were gradually decreased with increasing ionic
strengths. For example, when ionic strength was increased from 0 to 0.1 M, the removal efficiencies of
Mn by BPB and PBPB were decreased from 35% and 54% to 21% and 32%, respectively. Meanwhile,
the removal efficiencies of Fe by BPB and PBPB were decreased from 95% and 99% to 84% and 96%,
respectively. These observations imply that increases of ionic strength may reinforce the electrostatic
repulsion between heavy metals and the biochar surfaces and reduce the availability of adsorption
sites on the biochar surfaces through the aggregation of biochars [42]. The removal efficiencies of
Fe by BPB and PBPB were less affected by the changes in ionic strength compared to the removal
efficiencies of Mn by BPB and PBPB because Fe has a smaller ion radius and higher electronegativity
than Mn [37,38]. These inherent natures allowed Fe to exhibit higher attractive charges in the nucleus
on the electron orbital [37,38]. Therefore, Fe more easily penetrated into the pores of biochars compared
to Mn [37,38]. In addition, the higher removal efficiencies of Mn and Fe by PBPB (removal efficiency
of Mn = 32–54%; removal efficiency of Fe = 96–99%) than BPB (removal efficiency of Mn = 21–35%;
removal efficiency of Fe = 84–95%) at all the tested ionic strengths provide evidence that the surface
structural features and oxygen-containing functional group abundance govern the adsorption of heavy
metals by carbonaceous adsorbents [12,21,22].
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and (b) Fe (agitation time = 6 h, agitation speed = 150 rpm, adsorbent dosage of BPB and PBPB for
Mn = 3 g L−1, adsorbent dosage of BPB for Fe = 0.1 g L−1, adsorbent dosage of PBPB for Fe = 0.3 g L−1,
initial concentration = 10 mg L−1, pH = 7, and temperature = 25 ◦C).

4. Conclusions

In this study, phosphoric acid pre-treatment on banana peel biochar was investigated for
enhancement of Mn and Fe removal efficiencies. The physicochemical characteristics of pristine
and phosphoric acid pre-treated biochars were characterized using the elemental analyzer, BET,
and ATR-FTIR. These characterizations revealed that phosphoric acid pre-treatment facilitated the
formation of oxygen-containing functional groups (i.e., hydroxyl and carboxyl functional groups),
which could enhance the adsorption of heavy metals on the biochar surfaces. In addition, phosphoric
acid pre-treatment improved specific surface area and pore volume for more adsorption sites for heavy
metals. The adsorption experiments showed that phosphoric acid pre-treatment can improve the
removal of Mn and Fe significantly. The results of the adsorption kinetics of Mn and Fe by BPB and
PBPB were well-matched to the pseudo-second-order, indicating that adsorption was predominantly
governed by chemical adsorption. The adsorption of Mn and Fe by BPB obeyed the Langmuir
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isotherm model, whereas the Freundlich isotherm model described the adsorption of Mn by PBPB well.
The adsorption of Fe by PBPB followed both Freundlich and Langmuir isotherm models. Furthermore,
the adsorption of Mn and Fe by both BPB and PBPB increased with increasing temperature. However,
the removal efficiencies were decreased with increasing ionic strength. From the excellent adsorption
performance of Mn and Fe by PBPB compared to BPB, it can be concluded that phosphoric acid
pre-treatment is a promising method to enhance Mn and Fe removal by banana peel biochar.
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Abstract: The application of biosorption in the removal of heavy metals from water faces a challenge
of safe disposal of contaminated biomass. In this study, a potential solution for this problem
was proposed by using a biosorption-pyrolysis process featured by pretreatment of biomass with
phosphoric acid (PA). The PA pretreatment of biomass increased the removal efficiency of heavy
metal Pb from water by sorption, and subsequent pyrolysis helped immobilize Pb in the residual char.
The results indicate that most (>95%) of the Pb adsorbed by the PA-pretreated biomass was retained
in the char, and that the lower pyrolysis temperature (350 ◦C) is more favorable for Pb immobilization.
In this way, the bioavailable Pb in the char was hardly detected, while the Pb leachable in acidic
solution decreased to <3% of total Pb in the char. However, higher pyrolysis temperature (450 ◦C)
is unfavorable for Pb immobilization, as both the leachable and bioavailable Pb increased to >28%.
The reason should be related to the formation of elemental Pb and unstable Pb compounds during
pyrolysis at 450 ◦C, according to the X-ray diffraction study.

Keywords: heavy metal; biosorption; biochar; immobilization; phosphoric acid

1. Introduction

Water pollution by heavy metals, such as Pb, is one of the most serious environmental issues in
the world. In comparison with other technologies for removing heavy metals from water, biosorption
has the advantages of low operation cost, abundant biomass availability, and easy acceptance by the
public [1–5]. Many kinds of plant-derived biomass wastes have been used for sorption of heavy metals,
such as Pb, Cd, and Cu [6–8]. However, the practical applications of biosorption in the removal of
heavy metals face two challenges. The first is that the sorption capacity of many indigenous biosorbents
needs to be enhanced. Except for some biosorbents derived from algae and wheat bran, the maximum
sorption of Pb by many lignocellulosic materials (seed husks, hulls and leaves, etc.) has shown to be
<50 mg/g [6,9]. For seeking the solution of this problem, chemical modifications of biomass have been
used for enhancing the sorption capacity [10–12]. The chemical modifying agents, including inorganic
bases (e.g., NaOH), mineral acids (e.g., HNO3), and organic compounds (e.g., urea) can enhance the ion
exchange, and increase the functional groups and metal holding capacity of biosorbents. Among these
modifying agents, phosphoric acid (PA) has shown to be a good candidate. PA has been used to
modify olive pomace [13], corncob [14], rice husk [15], bagasse [16], wheat straw biochar [17] and so
forth, so that their sorption to heavy metals was greatly enhanced. The second and more significant
challenge is related to the safe disposal of the contaminated biomass after sorption of heavy metals.
As the biomass is readily decomposed, the adsorbed heavy metals would be released or leached from
the contaminated biomass if it was not properly disposed.
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The proposed methods for disposal of heavy metal-contaminated biomass include incineration [18],
composting [19], and pyrolysis [20], among others. Both incineration and composting have the problem
of secondary pollution because the heavy metals will be dispersed into surroundings. In comparison,
pyrolysis is operated in a closed system, and dispersion of heavy metals is controllable. Thus, pyrolysis
has been used more frequently for post-treatment of heavy metal-contaminated biomass [21–26].
Pyrolysis is useful for valorization of contaminated biomass by transforming it into bio-fuel [27,28],
and has also been used for preparing biochars that are good adsorbents to many pollutants [29–31].
The distribution of heavy metals in various fractions of pyrolysis product (e.g., oil or char) depends on the
specific pyrolysis technique and heavy metal species [32–34]. For example, higher pyrolysis temperatures
resulted in more emission of heavy metals into volatile fractions (e.g., oil) [27,35]. In contrast, slow
pyrolysis at relatively low temperatures is more efficient for retention of heavy metals in the char [36,37].
Furthermore, at the same pyrolysis conditions, the heavy metals Cu, Zn, and Pb are more readily
retained in the char than Cd [38]. As the char is more resistant to degradation than the biomass,
pyrolysis is a feasible solution for disposal of heavy metal-contaminated biomass if most of the heavy
metals are retained in the char and their stability in the char is guaranteed. In our previous studies,
we investigated the stability of Pb and Cd in the char, and found that addition of phosphates in the
contaminated biomass before pyrolysis enhanced the retention and stability of heavy metals [39–41].

In this work, a novel biosorption-pyrolysis process using PA-pretreated biomass was used to
attempt to remove Pb from aqueous solution and subsequently immobilize Pb in the char. The specific
objectives were to test two hypotheses: the first is that the PA pretreatment of biomass will enhance its
sorption to Pb, and the second and more significant is that the subsequent pyrolysis of the contaminated
biomass will increase the stability of Pb in the char. Different from our previous studies using
phosphates as the additive for pyrolysis of the contaminated biomass [39], the biomass derived from
an aquatic plant was firstly treated with PA, and then used for sorption of Pb in aqueous solution.
The Pb-contaminated biomass was pyrolyzed, and the retention and stability of Pb in the char was
evaluated. The comparison with the biosorption-pyrolysis process using un-pretreated biomass was
also performed, and the immobilization mechanism of Pb in the char was investigated by using X-ray
diffraction (XRD) and infrared spectra (IR).

2. Materials and Methods

2.1. Biomass and PA Pretreatment

The plant biomass was derived from the Hydrocotyle verticillata species, an aquatic plant that is
widely distributed in tropical and subtropical zones. Its great adaptability and vitality makes it a good
choice for phytoremediation of polluted or eutrophic water. The floating part (leaves and stems) of the
Hydrocotyle plant was collected from a local river at Shaoxing, Zhejiang Province of China. The biomass
was dried in an oven at 100 ◦C to a constant weight, and pulverized to a size of <0.15 mm. Elemental
analysis using the EA3000 elemental analyser (Euro Vector, Italy) indicates that the pristine biomass
(Mass) is composed of C 40.7%, O 29.7%, H 5.9%, N 1.5%, and S 0.6% by weight. The ash content of
the biomass measured at 750 ◦C is 15.7% by weight. Phosphoric acid (H3PO4, PA) of analytical grade
(Sinopharm Chemical Reagent Co. Ltd., China) was used for pre-treating the biomass. The biomass
powder was soaked in 30 wt% PA solution for 24 h, then washed by water until the pH of the effluent
reached 6.0. Two PA dosages with the mass ratio of PA/biomass = 0.5 or 1.0 were chosen according to
the preliminary experiments. The dry solid residue obtained by PA pretreatment is labeled hereafter as
PA0.5Mass or PA1.0Mass, respectively, according to the PA dosage (0.5 or 1.0) used for pretreatment.

2.2. Pb Removal and Sorption Experiments

Pb(NO3)2 of analytical grade (Sinopharm Chemical Reagent Co. Ltd., Shanghai, China) was
used to prepare Pb solutions for removal and sorption experiments. Of the biosorbent (un-pretreated
biomass (Mass) or PA-pretreated biomass (PA0.5Mass or PA1.0Mass)), 50 mg was added to 20 mL of
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aqueous Pb solution with initial concentrations (C0, mg/L) ranging from 5 to 50 mg/L. The slurry
was adjusted to an initial pH of 5.0 with diluted HNO3 solution, and placed in a thermostatic shaker
bath at 25.0 ± 0.2 ◦C and shaken for 6 h when the sorption reached equilibrium according to our
preliminary experiments. The supernatant solution was sampled and the Pb concentration (Ce) in
solution was analyzed by the flame atomic absorption spectrometry (AAS) (AA-7000, Shimadzu,
Japan). The removal efficiency (%) was calculated by Equation (1).

Removal efficiency(%) =
C0 −Ce

C0
× 100% (1)

The isothermal sorption experiments were conducted in a way similar to the removal experiments,
except that a higher C0 range (50–300 mg/L) was used, so as to leave a certain equilibrium Pb
concentration (Ce) in the solution. The quantity adsorbed (Qe, mg/g) was calculated by Equation (2):

Qe = (C0 −Ce) × V
m

(2)

where V is the volume of aqueous Pb solution (0.02 L) and m is the mass of biomass used for sorption
experiments (0.05 g). The isothermal sorption data were further analyzed with the Langmuir and
Freundlich sorption isotherm models. The Langmuir model has been expressed in Equation (3):

Qe =
QmbCe

1 + bCe
(3)

where Qm gives the maximum sorption capacity (mg/g) based on the monolayer adsorption model, and b
(L/mg) is the Langmuir constant. The empirical Freundlich model has been expressed in Equation (4):

Qe = kFCe
1/n (4)

where kF is the Freundlich sorption constant, and n gives the sorption intensity of biosorbents.

2.3. Pyrolysis of Pb-Contaminated Biomass

To obtain an adequate amount of contaminated biomass for subsequent pyrolysis, the biomass
sample (1.5 g) was mixed with 500 mL of Pb solution with C0 = 100 mg/L at initial pH = 5.0, and the
mixture was stirred magnetically at room temperature for 6 h. Then the solid residue was filtered out
and dried at 100 ◦C. The Pb-contaminated biomass powder was marked as Pb@Mass, Pb@PA0.5Mass,
or Pb@PA1.0Mass according to the biomass sample used for biosorption. Pyrolysis of the Pb-contaminated
biomass was carried out at 350 or 450 ◦C in a quartz tube furnace filled with N2 gas. The relatively
lower pyrolysis temperature was used because a higher temperature will lead to less retention of
Pb in the char, according to a previous report [39]. The resulting Pb-concentrated chars are referred
to hereafter as Pb@Char350, Pb@PA0.5Char350, Pb@PA1.0Char350, Pb@Char450, Pb@PA0.5Char450,
and Pb@PA1.0Char450, respectively, depending on the temperature and feedstock biomass used for
pyrolysis. The amount of Pb loaded in the biomass (Qmass, mg/g) and then concentrated in the chars
(Qchar, mg/g) was determined using a microwave digestion method [40], and the Pb concentration in
the dilute digestion solution was determined using AAS. Retention efficiency of Pb (%) in the char after
pyrolysis was calculated by Equation (5).

Retention efficiency in the char(%) =
Qchar

Qmass
×Yield of char(%) (5)

2.4. Evaluation of the Stability of Pb in the Solid Samples

The bioavailable Pb, namely that available for utilization by living organisms, was evaluated
with the DTPA extraction method using a buffer DTPA (diethylene triamine pentacetate acid) solution
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according to the ISO standard (ISO 14870-2001). The leachable Pb in the samples was evaluated based
on the amount of extractable Pb with the acid solution used in the Toxicity Characteristic Leaching
Procedure (TCLP, EPA Test Method 1311). The details for the DTPA extraction and the TCLP test follow
the procedures reported previously [40,42].

2.5. Sample Analysis

Surface composition of the biomass samples was determined with a JSM-6360LV scanning electron
microscope (SEM) (JEOL, Tokyo, Japan) equipped with an X-act energy dispersive X-ray spectrometer
(EDS) (Oxford, UK). Infrared spectra (IR) were recorded in the 4000–400 cm−1 region on a Nexus FT-IR
spectrophotometer (Nicolet, Glendale, WI, USA) using a KBr pellet. The crystalline species in the
biomass and chars were identified by X-ray diffraction (XRD) using D/MAX3A (Rigaku, Tokyo, Japan)
equipment with CuKα radiation and a goniometer rate of 4◦/min.

3. Results and Discussion

3.1. Influence of PA Pretreatment on the Removal of Pb by Biomass

The results in Figure 1a indicate that the removal efficiency of Pb by the Hydrocotyle biomass
(Mass) is enhanced after PA treatment, despite that the sample (PA1.0Mass) pretreated with more PA
performed worse than the counterpart using less PA (PA0.5Mass). At the dosage of biomass used in this
study (2.5 g/L), Pb is almost completely removed by PA0.5Mass when the initial concentration (C0) of
Pb (II) ranged from 5~50 mg/L. In contrast, the removal efficiency of Pb by the un-pretreated biomass
dropped to <85% with the C0 increase to 50 mg/L. The enhanced removal efficiency corresponds
well to the improved sorption of Pb by biomass after PA pretreatment (Figure 1b). The maximum
sorption (Qm) calculated with the Langmuir model (Equation (3)) increased to 78.7 mg/g for PA0.5Mass
from 69.6 mg/g for the indigenous biomass (Mass) (Table 1). The Qm values of the biosorbents in
this study are close to those lignocellulosic materials with high sorption capacity to Pb reported in
literature [6,7]. In addition, the n values calculated with the Freundlich model are much larger than 1
(Table 1), indicating that all the biosorbents favored the sorption of Pb [17]. The kinetic analysis
indicates that the sorption of Pb by all three biosorbents (Mass, PA0.5Mass, and PA1.0Mass) fitted well
to the pseudo-second-order model (R2 > 0.99), and the sorption rate by the biomass was increased by
PA-pretreatment according to the calculated rate constants (Table S1 in the Supplementary Materials).
The quantity of Pb adsorbed by all three biosorbents (Mass, PA0.5Mass and PA1.0Mass) increased with
the initial pH and the initial Pb concentrations in solution (Figures S2 and S3 in the Supplementary
Materials). Therefore, the Hydrocotyle biomass and its PA-pretreated derivatives are potential sorbents
for removal of heavy metals from water.

The relatively high sorption of Pb by the Hydrocotyle biomass and its PA-pretreated derivatives
is related to their surface properties. Figure 2 shows the SEM images of the un-pretreated biomass
(Figure 2a) and the PA-pretreated biomass (Figure 2b). The rough surface of PA0.5Mass favors the
sorption by providing more reactive sites. The specific surface area measured by the BET method is
7.24 m2/g for PA0.5Mass, which is higher than that of the un-pretreated biomass (1.42 m2/g). Thus,
PA-pretreatment increases the surface area of biomass and makes more reactive sites available for
the sorption of Pb. The EDS analysis indicates that there are some inorganic minerals composed
of Ca and K on the biomass surface, which are useful for sorption of Pb through cation exchange.
For example, Pb can replace K in carbonate and sulfate to form precipitates, and this is a major pathway
for sorption of Pb by those biomasses and biochars rich in inorganic minerals [43–45]. The sorption of
Pb by biomass is also related to the surface functional groups. As can be seen in Figure 3, the bands at
1735, 1440, 1160–1060 cm−1 indicate oxygen-containing functional groups (C=O, C–OH, and C–O) on
the biomass surface, which facilitate the sorption of Pb through surface complexation that has also
been reported to contribute much to biosorption of heavy metals [46,47]. Some previous studies have
shown that PA treatment can strengthen the acid functional groups of biomass [13,16,48], due to the
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dissociation of these groups. In addition, PA pretreatment of the biomass introduces a new PO4
3−

group (at 1023 cm−1) that can bind Pb through formation of phosphates, according to the IR spectra
(Figure 3). However, pretreatment with a higher dosage of PA (1.0 g/g dry biomass) may result in
over-acidification of biomass, which may inhibit the precipitation of Pb, so that the decreased removal
efficiency and sorption capacity was observed on PA1.0Mass in comparison with PA0.5Mass (Figure 1).
The over-acidification of biomass is confirmed by the change of pH before and after sorption of Pb.
For example, at the same initial Pb concentration (e.g., C0 = 250 mg/L) and same initial pH = 5.0, pH in
the solution after sorption of Pb dropped to 4.8, 4.7, and 4.4, respectively for the sorption systems using
Mass, PA0.5Mass, and PA1.0Mass. Namely, the pH in the PA1.0Mass system is much lower than the
other two systems, and lower pH favors dissolution of Pb and impacts its removal by biomass.Water 2020, 12, x FOR PEER REVIEW 5 of 13 
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Table 1. Fitting results of the sorption data with the Langmuir and the Freundlich models.

Models
Langmuir Freundlich

Qm (mg/g) b (L/mg) R2 kF n R2

Mass 69.6 0.0788 0.992 20.6 4.21 0.855
PA0.5Mass 78.7 0.373 0.996 36.7 5.72 0.853
PA1.0Mass 76.9 0.242 0.993 32.8 5.39 0.839
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3.2. Influence of Pyrolysis on Pb Retention in the Char

Pyrolysis of the contaminated biomass at high temperatures will increase the risk of emission
of Pb with volatile matters, and decrease the retention of Pb in the char, according to the previous
studies [40–42]. Thus, two relatively low temperatures (350 and 450 ◦C) were used for pyrolysis of the
Pb-contaminated biomass in this work, and the retention efficiency of Pb in various chars is shown in
Figure 4. As can be seen, the Pb retentions in the two chars derived from the un-pretreated biomass
were both less than 85%, and higher pyrolysis temperature (450 ◦C) led to lower retention efficiency
due to the emission of Pb with volatile matters [27,35]. In comparison, the Pb retentions in the four
chars (PA0.5char350, PA1.0char350, PA0.5char450, and PA1.0char450) derived from the PA-pretreated
biomass were all >95%, and a higher dosage of PA used for pretreatment favors retention of more
Pb in the char, indicating that PA pretreatment helped inhibit the emission of Pb during pyrolysis.
PA is often used for activation of carbonization of biomass [49,50], and has shown to be effective for
increasing the yield of char according to the previous reports [51,52], which is in consistency with
that observed in this study (Figure 4a). The higher yield of char means less production of volatile
matters, and introduction of PO4

3− may also strengthen the binding of Pb to the solid char, which will
be investigated in-depth in the following Section 3.4. Therefore, PA pretreatment of the biomass and
subsequent pyrolysis enhanced the retention of Pb in the char, which is beneficial for reducing the
hazard of secondary pollution due to pyrolysis of heavy metal-contaminated biomass.
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3.3. Influence of Pyrolysis on Stability of Pb in the Char

The stability of Pb retained in the chars was first evaluated with the DTPA extraction method.
Figure 5a shows the bioavailability of Pb in six chars, and the three Pb-contaminated biomass
samples were also included for comparison. As can be seen, Pb adsorbed by biomass is readily
bioavailable, whether the un-pretreated biomass or the PA-pretreated biomass was used as the sorbent.
The DTPA- extractable Pb from the three biomass are all over 85%, so the sole PA pretreatment
could not ensure the stability of Pb, although its sorption was enhanced as that shown in Figure 1b.
Pyrolysis of the contaminated biomass sharply reduced the bioavailability of Pb in the char; in particular,
the DTPA-extractable Pb is lower than 5% for the three chars obtained by pyrolysis at a lower temperature
(Pb@Char350, Pb@PA0.5Char350, and Pb@PA1.0Char350). The DTPA-extractable Pb in the last two chars
derived from the PA-pretreated biomass is close to zero. The results show that pyrolysis significantly
enhanced the stability of Pb, and PA pretreatment can further reduce the bioavailability of Pb in the
char. However, the DTPA-extractable Pb from the chars was lifted to >28% as the pyrolysis temperature
increased to 450 ◦C, indicating that a higher pyrolysis temperature is unfavorable for immobilization
of Pb. The similar results about the influence of pyrolysis temperature on stability of heavy metals in
the char have been reported by Shi et al. [40]. The reason may be related to the different binding states
between Pb and the chars obtained at different pyrolysis temperatures, which will be further discussed
in the following Section 3.4.

The Pb immobilization by pyrolysis was further assessed with the TCLP test, and the results of
leachable Pb in the biomass and chars are shown in Figure 5b. Interestingly, Pb adsorbed in the biomass
was not readily leachable, with the highest leachable ratio of 5.34% observed on the biomass without
PA pretreatment, although most of the Pb adsorbed in the biomass was bioavailable (Figure 5a). Such a
difference should be related to the interactions between Pb and biomass, which are dominated by
surface complexation and cation exchange, because there are plentiful oxygen-containing functional
groups and exchangeable cations (e.g., K+) on the biomass surface according to the IR and EDS analysis
(Figures 2 and 3). These interactions are readily broken down by a chelating agent, such as DTPA,
but insensitive to acetic acid used in the TCLP test. Furthermore, pyrolysis increased the amount of
leachable Pb in the Pb@Char350 and Pb@Char450 chars, and higher pyrolysis temperatures resulted in
more leachable Pb (Figure 5b). The reasons should be mainly related to the change of solid’s properties
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during the pyrolysis. Pyrolysis makes biomass lose functional groups such as –OH and C–O that
are essential for sorption of Pb through surface complexation. At the meantime, inorganic minerals
in biomass will be transformed into alkaline matter, such as carbonates or (hydr)oxides [53]. Thus,
the interactions between Pb and solid will be changed by formation of Pb oxide or carbonates that
are readily dissolved in acid. Therefore, direct pyrolysis, especially at higher temperatures (450 ◦C),
is not favorable for immobilization of Pb in an acidic environment, because nearly half of Pb in the
Pb@Char450 sample is leachable (Figure 5b). Despite this result, the encouraging fact is that the two
chars (Pb@PA0.5Char350 and Pb@PA1.0Char350) obtained at 350 ◦C and derived from the PA-pretreated
biomass show good immobilization of Pb, with the ratio of leachable Pb accounting for less than 3%.
In combination with the results shown in Figure 5a, we conclude that pyrolysis at 350 ◦C can immobilize
Pb adsorbed by the PA-pretreated biomass. The similar immobilization of heavy metals in the char
using phosphates as the additive for pyrolysis has been observed in our previous studies [39–41].
What makes this work differently is that the biomass was firstly pretreated with PA, which enhanced
its efficiency for removal of Pb before it was immobilized by pyrolysis. In general, such a combined
biosorption-pyrolysis will be a promising strategy for removal of heavy metals from aqueous solution
and subsequent safe disposal of the contaminated biosorbents.
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3.4. Investigations about the Immobilization Mechanisms

The X-ray diffraction (XRD) technique and IR spectra were used to examine the biomass and
chars obtained by different treatments, so as to understand the mechanisms of Pb immobilization.
The XRD patterns (Figure 6) indicate that there is no crystalline constituent other than cellulose in
the Pb-contaminated biomass. However, the stable PbS crystal was found in all the chars, which
should be one reason for immobilization of Pb. Furthermore, several strong peaks attributed to
the lead phosphates (e.g., Ca8Pb2(PO4)6(OH)2 at 2θ = 51.6◦, and Pb9(PO4)6 at 2θ = 26.8◦ and 33.2◦)
were observed in the Pb@PA1.0Char350 sample. These lead phosphates contribute to the enhanced
stability of Pb in this char, so the bioavailability and leachability of Pb were suppressed. However,
as the pyrolysis temperature increased to 450 ◦C, the elemental Pb and unstable Pb compounds
(PbO and Pb3(CO3)(OH)2) were formed according to the XRD patterns (Figure 6), which can explain
the results obtained in the TCLP test, in which more leachable Pb was observed in the chars obtained
at a high pyrolysis temperature (450 ◦C) (Figure 5). Further, a new peak at 1156 cm−1 was found in
the IR spectra (Figure 7) of two chars derived from the PA-pretreated biomass (Pb@PA1.0Char350
and Pb@PA1.0Char450), which could be assigned to C–O stretching vibrations in P–O–C (aromatic)
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linkage [49]. Thus, Pb phosphates would be bound to the carbon matrix through this linkage, which
made Pb be stably anchored on the char [52].
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4. Conclusions

The combined biosorption-pyrolysis process can be used for efficient removal of Pb from aqueous
solution and then immobilization of Pb in the char, when the Hydrocotyle biomass is pretreated with
PA. The PA-pretreatment increased the surface area and introduced more functional groups in the
biomass, and enhanced the removal efficiency of Pb by biosorption. The subsequent pyrolysis of the
Pb-contaminated biomass at relatively low temperatures (350 and 450 ◦C) retained most of the Pb in the
char, and use of the PA-pretreatment further increased the retention efficiency to >95%. Furthermore,
both the bioavailability and leaching potential of Pb in the char were significantly reduced by pyrolysis
with the aid of PA-pretreatment, and pyrolysis at 350 ◦C is more favorable for the immobilization of Pb
than that at 450 ◦C. The immobilization mechanisms are related to the formation of Pb phosphates
and their linkage to the carbon matrix, according to the investigations with XRD and IR spectra.
Despite the promising results obtained in this study, the long-time stability of Pb in the char deserves
further investigation by considering more environmental factors, such as pH, temperature, humidity,
and microbial effect, before the safe disposal of the char.
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Abstract: Human hair is considered a ubiquitous waste product and its accumulation can cause
environmental problems. Hence, the search for alternatives that take advantage of this waste as a new
raw material is of interest, and contributes to the idea of the circular economy. In this study, chemically
modified human hair was used as a low cost biosorbent for the removal of heavy metal ions from
aqueous solutions. The effect of the contact time, the pH, and the biosorbent concentration on the
biosorption process were investigated. Kinetic modeling indicated that the pseudo-second order
kinetic equation fitted well with R2 > 0.999. Furthermore, the equilibrium data fitted the Langmuir
adsorption isotherm at 295 K resulting in saturation concentrations of 9.47 × 10−5, 5.57 × 10−5,
3.77 × 10−5, and 3.61 × 10−5 mol/g for the sorption of Cr(III), Cu(II), Cd(II), and Pb(II), respectively.
The biosorption process did not change the chemical structure and morphology of the hair, which was
shown by FTIR and SEM. In addition, desorption experiments prove that 0.1 mol/L EDTA solution
is an efficient eluent for the recovery of Pb(II) from the treated human hair. To summarize, treated
human hair showed satisfactory biosorption capacity and can be considered as an effective biosorbent
for the treatment of water with a low concentration of heavy metal ions.

Keywords: human hair; heavy metal; kinetics; isotherms; biosorption

1. Introduction

Heavy metal ions are considered extremely harmful to humans, aquatic organisms, and other life
forms because of their toxicity, accumulation, and non-biodegradable nature, causing various diseases
and disorders [1]. Hence, the removal of heavy metal ions from wastewater has attracted attention for
the protection of public health and the environment [2]. Conventional methods for removing heavy
metal ions, including chemical precipitation, flotation, ion exchange, evaporation, and membrane
processes are practical and cost-effective only with high strength wastewater (which contains high
concentration levels of pollutants), and they are ineffective when applied to low strength aqueous
effluents with heavy metal ion concentrations less than 100 ppm [3]. Adsorption techniques currently
play an important role in the removal of heavy metal ions from wastewater, offering considerable
advantages, such as low-cost, availability, profitability, ease of operation, and efficiency [4,5]. Various
materials have been developed as adsorbents for the removal of heavy metal ions. In particular,
activated carbon is frequently used as an adsorbent due to its high surface area, high adsorption
capacity, and high degree of surface reactivity [6]. However, activated carbon is relatively expensive and
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is difficult to recycle by eluting the heavy metal ions because of the strong interaction between activated
carbon and heavy metal ions. Waste biogenic materials are considered ideal alternative biosorbents for
the removal of heavy metal ions from low strength wastewater due to their relatively good cost-effective
adsorption capacity [7]. Accordingly, various biogenic materials, including chitosan derivatives [8],
agricultural waste materials [9], chicken feathers [10,11], cork waste [12,13], rubber leaf powder [14],
chemically modified plant waste [15], and soybean stalks [16], among others, have been proposed and
applied as biosorbents to effectively remove heavy metal ions. The good biosorption properties of
these biogenic materials are attributed to the presence of abundant metal binding functional groups
of these materials, such as carbonyl, carboxyl, hydroxyl, sulphate, sulfur, phosphate, and amido and
amino groups [17].

Among natural resources, keratinous materials can be used as biosorbents, either directly or after
activation, to remove heavy metal ions due to their intricate networks characterized by high stability,
insolubility in water, and high surface area containing many carboxyl, amido, and sulfur functional
groups [18]. In addition, keratin is an abundant nonfood protein; in fact, it is the major component of
wool, hair, horns, nails, and feathers. Moreover, keratin wastes, such as feathers, horns, nails from
butchery [19], human hair from hairdressers, poor quality raw wools from sheep breeding, and some
by-products from the textile industry, amount globally to more than four millions tons per year [20].
Several examples of the use of keratinous materials have been already reported, especially using
modified keratinous materials. Al-Asheh et al. compared adsorption capacities between inactivated
and chemically activated chicken feathers as a biosorbent for removing heavy metal ions (i.e., Cu(II)
and Zn(II)) from wastewater [21]. Park et al. prepared wool and silk blend nanofibrous membranes by
electrospinning, which exhibited an excellent performance as an adsorbent of heavy metal ions [22].
The Aluigi research group successfully prepared keratin-rich nanofiber mats by electrospinning wool
keratin/polyamide blends. This material shows good adsorption capacity for Cu(II) ions from water,
with the adsorption capacity increasing with the increase of the specific surface area of the nanofiber
mats [23].

Keratinous-composed human hair is considered a ubiquitous waste product and its accumulation
can cause environmental problems. Hence, the search for alternatives that take advantage of this
waste as a new raw material is of interest, and contributes to the idea of circular economy. In this
sense, human hair can contribute significantly in many critical areas of public importance, such as
agriculture, medicine, construction materials, and pollution control [24]. In particular, the presence
of carboxyl, amido, and disulfide groups in human hair suggest this waste product could be a good
biosorbent of several chemicals, including heavy metals, although it has been rarely studied for
this application [11]. In this regard, one of the major drawbacks is that its hydrophobic nature in
native form limits the diffusion of heavy metal ions from the solution to the external surface of
the human hair [22]. To overcome this issue, disulfide bonds present in human hair can be readily
oxidized to yield the corresponding cysteic acid residues, which increase the hydrophilic properties of
the human hair and subsequently improve its capability to bind positively charged metal ions [25].
For this reason, oxidized human hair was chosen in the present work as a biosorbent for the removal
of heavy metal ions from aqueous solutions. Environmental parameters affecting the biosorption
process, such the pH value, biosorbent concentration, and contact time were studied. In addition,
FT-IR and SEM analysis were conducted for the structural and morphological characterization of the
biosorbent after the oxidation pretreatment and after the subsequent heavy metal biosorption process.
The kinetic and isotherm data experimentally obtained were correlated with the established kinetic
models (pseudo-first order, pseudo-second order, and Weber–Morris intraparticle diffusion model) and
with well-known thermodynamic models (Freundlich and Langmuir). A comparison between these
was performed. Finally, a desorption/regeneration test was performed in order to study the reusability
of the biosorbent.
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2. Experimental

2.1. Chemicals

All the chemicals used in this work were of analytical grade. Stock solutions of separate heavy
metal ions, such as Cr(III), Mn(II), Ni(II), Co(II), Cu(II), Zn(II), Cd(II), and Pb(II) were prepared by
dissolving their nitric salts (>99%, all from Panreac, Spain) in deionized water. A 1000 ppm stock
solution of metal ions was first prepared, which was then diluted to the initial heavy metal concentration
for each experiment. Sodium hydroxide (>98%, Panreac, Spain) and nitric acid (>70%, JT-Baker, Spain)
were alternatively used for the pH adjustment of the initial aqueous solution prior to commencing the
biosorption experiments. In all the experiments, the initial pH was measured, and usually the final pH
was also checked, using an Omega 300 pH meter (Crison instruments, S.A., Spain).

2.2. Human Hair

Human hair waste (from different male individuals of approximately 13 years of age) was
collected from local barbershops. The human hair samples were mixed together, washed with common
laboratory detergent, rinsed several times with deionized water (purified with a milli-Q Gradient
system from Millipore Corporation) and then left to dry at room temperature (22 ± 1 ◦C). The hair was
cut to an approximate length of 1–2 mm using scissors.

2.3. Chemical Treatment of Human Hair

The treatment process of the human hair was carried out as follows: 20.0 g of the untreated
human hair was weighed and soaked in 400 mL of the pretreatment reagent of known concentration
(10% H2O2, originally at 35% in water, from Sigma-Aldrich, Germany) and at adjusted pH of 9 (pH 9.0
yields better biosorption results in comparison with others, when pH 5.0, pH 7.0 and pH 9.0 are
assayed) [26]. After a given soaking time (5 h), the solution was filtered. The hair separated from
the solution was washed many times with deionized water. To minimize any loss of the treated hair,
at each washing step, the hair was separated by centrifugation, and the liquid was then decanted.
Finally, the treated and cleaned hair was dried at room temperature.

2.4. Characterization of Human Hair

Structural characterization of the human hair was carried out to analyze any chemical change
produced in the samples after the oxidative pretreatment and/or after the biosorption of heavy
metals. The identification of the functional groups in the untreated and treated human hair was
performed using a Fourier transform infrared (FT-IR) spectrometer (Tensor 27, Bruker, Germany).
The spectra were recorded in the range of 600–4000 cm−1 with 16 scans and a resolution of 4 cm−1.
The surface morphology of the human hair samples (untreated and treated) was observed by scanning
electron microscope (SEM; ZEISS EVO® MA 10, Oberkochen, Germany). The samples used the
sputter-coating arrangement.

2.5. Heavy Metal Ions Biosorption Experiments

The uptake of heavy metal ions onto the hair systems was carried out by batch experiments at a
constant temperature (22 ± 1 ◦C) on a rotary mixer (CE 2000 ABT-4, SBS Instruments SA, Barcelona,
Spain) at 25 rpm. In all sets of experiments, 0.1 g of human hair (untreated or treated) was weighed
in 50 mL plastic extraction tubes; the 10 mL of heavy metal ion aqueous solution was added and
the final system was shaken for a certain period of time. Usually, the concentration of each heavy
metal ion was 0.10 mmol/L (for multiple heavy metal system containing eight ions) and 0.18 mmol/L
(in the multiple-metal system containing four ions, and also in the single-metal systems). The pH was
adjusted to 4.0, unless otherwise specified. The initial pH of the multiple heavy metal aqueous solution
was varied within the range 1.0 to 6.0 (higher pH values were not considered to avoid precipitation
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of metal hydroxides). To study the effect of the biosorbent concentration on metal uptake, its mass
was varied from 1 to 20 g/L. The effect of the initial metal ion concentration on biosorption isotherms
was studied in single-metal systems with 0.1 g of treated human hair. A range of initial metal ion
concentrations from 0.5 × 10−3 to 2.0 mmol/L was used. In all cases, after agitation, the two phases
were separated by decantation and the liquid was filtered through 0.22 µm syringe Millipore filters
(Millex-GS, Millipore, Ireland). Then, the heavy metal concentration in the remaining aqueous solution
was determined by an inductively coupled plasma optical emission spectrophotometer with mass
detector, ICP-MS (XSERIES 2 ICP-MS, Thermo Scientific, Bremen, Germany).

The uptake of the metal ions by human hair was calculated using Equation (1), which quantifies
the biosorption efficacy:

% biosorption =
Ci −C f

Ci
× 100 (1)

where Ci and Cf are the initial and the final concentration of heavy metal in the aqueous phase solution,
respectively (in mmol/L).

The amount of metal sorbed per unit of mass of biosorbent at time t (qt in mmol/g) was calculated
using Equation (2):

qt(mmol/g) =
(Ci −C f ) ×V

W
(2)

where V is the total volume of the solution (in L), W is the amount of biosorbent (in g), and Ci and Cf
are the initial and the final concentrations of heavy metal in the aqueous solution (each given in units
of mmol/L), respectively.

The amount of metal sorbed at the equilibrium per unit of mass of biosorbent (qe in mmol/g) was
obtained as follows:

qe(mmol/g) =
(Ci −Ce) ×V

W
(3)

where V is the total volume of the solution (in L), W is the amount of biosorbent (in g), and Ci and Ce

are the initial and equilibrium concentrations of heavy metal in the aqueous solution (each given in
units of mmol/L), respectively.

All batch biosorption experiments were carried out in duplicate and the results are reported as
their average in the corresponding figures (experimental errors found were less than 2.5% and 0.0025
mmol/g in the biosorption percentage and the biosorption capacity, respectively).

2.6. Desorption, Regeneration and Reuse

Desorption experiments were performed only for the removal of Pb(II) from treated human hair
samples as biosorbent. Each hair sample containing the adsorbed Pb(II) was contacted and stirred with
10 mL of 0.1 mol/L HNO3 or 10 mL of 0.1 mol/L EDTA. After 24 h of mixing (with the rotary mixer) at
room temperature (22 ± 1 ◦C), the aqueous and solid phases were separated by centrifugation and
subsequent filtration, and the Pb(II) content of the final solution was analyzed by ICP-MS, as indicated
in Section 2.5. Desorption percentage was calculated using Equation (4):

% desorption =
amount o f Pb(II) desorbed

amount o f Pb(II) adsorbed
× 100 (4)

The reuse of the treated human hair in a second biosorption step, after elution of the adsorbed metal
ions (with nitric acid or EDTA), requires the cleaning of the remaining eluting solution from the surface
of the biomaterial. The treated human hair was washed with deionized water and dried in an oven at
40 ◦C overnight. These regenerated human hair samples were employed to adsorb heavy metals again.

All batch biosorption, desorption, and regeneration experiments were carried out in duplicate and
the results are reported as their average in the corresponding figures (experimental errors found were
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less than 2% and 0.002 mmol/g, in the biosorption and desorption percentages and the biosorption
capacity, respectively).

3. Results and Discussion

3.1. Comparison of Biosorption Efficacy between Untreated and Treated Human Hair

The oxidation of human hair usually takes place with hydrogen peroxide in an acid or alkaline
medium by attacking the disulfide bond of keratin. As a result of this reaction, sulfonic acid groups
are formed, and hair samples are functionalized. In an alkaline medium, the oxidation process is
much more effective [26]. Moreover, during oxidation, other proteins in the human hair are also
oxidized, which leads to cell membrane damage causing the cortex and the cuticle to open and separate.
The objective of this pretreatment is to increase the hydrophilicity of the human hair surface and also
to increase its specific surface area. The biosorption capacities of untreated and treated human hair
samples for recovering eight metal ions (Cr(III), Mn(II), Ni(II), Co(II), Cu(II), Zn(II), Cd(II), and Pb(II))
were determined. The obtained results are shown in Figure 1. As seen from the figure, the metal
biosorption capacity of chemically treated human hair is significantly better than that of untreated
human hair. Moreover, the affinity of both types of hair for Cr(III), Cu(II), and Pb(II) is greater than that
for the other metal ions, which can be explained by the stronger interactions between the functional
groups of the biosorbent and these three metal ions. The metal biosorption onto the treated human
hair follows in the order of Cr(III) > Pb(II) > Cu(II) > Cd(II) > Ni(II) > Co(II) > Mn(II) > Zn(II). Finally,
four metal ions, namely, Cr(III), Cu(II), Cd(II), and Pb(II), were selected from those metals to study the
biosorption mechanism of treated human hair in subsequent experiments.

Water 2020, 12, x FOR PEER REVIEW 5 of 18 

 

All batch biosorption, desorption, and regeneration experiments were carried out in duplicate 

and the results are reported as their average in the corresponding figures (experimental errors found 

were less than 2% and 0.002 mmol/g, in the biosorption and desorption percentages and the 

biosorption capacity, respectively). 

3. Results and Discussion 

3.1. Comparison of Biosorption Efficacy Between Untreated and Treated Human Hair 

The oxidation of human hair usually takes place with hydrogen peroxide in an acid or alkaline 

medium by attacking the disulfide bond of keratin. As a result of this reaction, sulfonic acid groups 

are formed, and hair samples are functionalized. In an alkaline medium, the oxidation process is 

much more effective [Error! Bookmark not defined.]. Moreover, during oxidation, other proteins in 

the human hair are also oxidized, which leads to cell membrane damage causing the cortex and the 

cuticle to open and separate. The objective of this pretreatment is to increase the hydrophilicity of 

the human hair surface and also to increase its specific surface area. The biosorption capacities of 

untreated and treated human hair samples for recovering eight metal ions (Cr(III), Mn(II), Ni(II), 

Co(II), Cu(II), Zn(II), Cd(II), and Pb(II)) were determined. The obtained results are shown in Figure 

1. As seen from the figure, the metal biosorption capacity of chemically treated human hair is 

significantly better than that of untreated human hair. Moreover, the affinity of both types of hair for 

Cr(III), Cu(II), and Pb(II) is greater than that for the other metal ions, which can be explained by the 

stronger interactions between the functional groups of the biosorbent and these three metal ions. The 

metal biosorption onto the treated human hair follows in the order of Cr(III) > Pb(II) > Cu(II) > Cd(II) 

> Ni(II) > Co(II) > Mn(II) > Zn(II). Finally, four metal ions, namely, Cr(III), Cu(II), Cd(II), and Pb(II), 

were selected from those metals to study the biosorption mechanism of treated human hair in 

subsequent experiments. 

 

Figure 1. Comparison of biosorption between untreated and treated human hair in a multiple-metal 

system. The initial metal ion concentration was 0.1 mmol/L, the contact time was 24 h, the pH was 

4.0, and the biosorbent was 0.1 g in 10 mL of the initial solution. 

3.2. FT-IR and SEM Characterization 

In order to understand how metal ions bind to the biosorbent, it is essential to identify the 

functional groups of its surface as these could be responsible for the metal binding. Thus, the 

untreated, treated, and metal loaded-treated human hairs were discriminated by FT-IR, as can be 

seen from the infrared spectra collected in Figure 2. The full-scan spectra of human hair (Figure 2a) 

Figure 1. Comparison of biosorption between untreated and treated human hair in a multiple-metal
system. The initial metal ion concentration was 0.1 mmol/L, the contact time was 24 h, the pH was 4.0,
and the biosorbent was 0.1 g in 10 mL of the initial solution.

3.2. FT-IR and SEM Characterization

In order to understand how metal ions bind to the biosorbent, it is essential to identify the functional
groups of its surface as these could be responsible for the metal binding. Thus, the untreated, treated,
and metal loaded-treated human hairs were discriminated by FT-IR, as can be seen from the infrared
spectra collected in Figure 2. The full-scan spectra of human hair (Figure 2a) display their corresponding
infrared peaks. The broad and medium intensity band ranging from 3000 to 3600 cm−1 is indicative of
the stretches of the bonds belonging to the carboxylic acid (-COOH), alcohol (-OH), and amino acid
(-NH2) groups. The peaks located at 1632 cm−1 (amide I), 1520 cm−1 (amide II), and 1241 cm−1 (amide
III) are related to typical human hair amino acids. The peaks at 1041, 1075, 1180, and 1229 cm−1 all
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correspond to different products of cystine oxidation in human hair, and their peak assignment belongs
to sulfonate (S-O sym. stretch), cystine monoxide (R-SO-S-R), sulfonate (S-O asym. stretch), and cystine
dioxide (R-SO2-S-R), respectively. Carefully comparing the spectra of the three different hair samples,
some differences can be seen between them, as expected, due first to the oxidation process (treated
human hair), and, later, to the metal biosorption (metal loaded-treated human hair), particularly in the
region from 850 to 1750 cm−1 (see Figure 2b). The intensity of the peaks at 1041 and 1180 cm−1 increased
after chemical pretreatment, which means that conversion of cystine to cysteic acid, cystine monoxide,
and cystine dioxide, as well as to sulfonates, occurred during this treatment process. The weak broad
shoulder between approximately 1000 and 1130 cm−1 in the untreated human hair infrared spectra is
probably due to environmental factors, such as sunlight, chlorinated water, and frequent shampooing
causing partial oxidation of the hair surface [27]. The FT-IR spectra from treated human hair before and
after the metal biosorption are very similar, indicating that the main functional groups on treated human
hair did not change during the metal biosorption process (which can be an indication of a possible
reuse of such biomaterial). However, the slight differences found around 1400 cm−1, and some red shift
of the emission spectra (from 3277.2 cm−1 to 3274.8 cm−1, from 1526.8 cm−1 to 1519.7 cm−1, and from
1078.4 cm−1 to 1074.9 cm−1), before and after the biosorption process, is probably related to the presence
of the heavy metal ions on the hair surface. Based on the FT-IR spectra changes, as seen in Figure 2, some
hair surface chemical functional groups (including hydroxyl, amino, carboxyl, and sulfonic acid) could
act as important biosorption sites for heavy metal ions.
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The scanning electron microscopy (SEM) technique was applied to address concern about the
alteration of the human hair surface morphologies in the different cases of the study. Figure 3 shows
the SEM micrographs of the untreated, treated, and metal-loaded treated human hair. It is observed
that each cuticle scale of the human hair is uniquely shaped. Some have smooth rounded edges
and others have jagged edges, overlapping each other as they ascend along the length of the fiber
towards the tip (Figure 3). The surface topographies of the untreated and treated human hair are
different (see Figure 3a,b for comparison): the majority of the cuticle scales of the treated human hair
fibers represent a more jagged appearance, probably due to the oxidation treatment. After metal
biosorption, the surface appears to be somewhat smoother compared with the hair prior to its use,
suggesting that the cuticle scales are closed through biosorption, probably due to the acidic water
media (see Figure 3b,c).
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3.3. Effect of the pH in Multiple Metal System

The pH level of the aqueous solution is an important variable for the biosorption of metal ions
onto the biosorbents, due to the metal speciation and the speciation of the chemical functional groups
present on the biosorbent’s surface. The pH was controlled at the beginning and end of the experiments
in order to evaluate any differences. The changes observed were lower than 0.3 units, and thus
considered not significant.

The effect of the pH solution on the removal efficacy of the treated human hair for Cr(III), Cu(II),
Cd(II), and Pb(II) was studied between pH 1.0 and 6.0 in the multiple-metal system (Figure 4). As
observed from the results in Figure 4, the biosorption of metal ions increases significantly with
increasing the pH. This behavior can be explained by the competition between the protons and the
metal ions for the same binding site on the surface of the treated human hair. At low pH values, the
surface of the biosorbent would also be surrounded by H+ ions, which decrease the Cr(III), Cu(II),
Cd(II), and Pb(II) ions interaction with binding sites of the treated human hair. As the pH increases,
the basic forms of the chemical functional groups on the hair surface predominate, increasing negative
charge, so metal cation biosorption increases. However, when the pH is around 5, the partial hydrolysis
of metal ions (particularly for Cu; the remaining metals could occur at pH higher than 5) results in the
formation of M(OH)n

(m−n) species affecting the biosorption hair capability. The biosorption percentage
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found could be related to the precipitation of the metals. Therefore, pH 4.0 was selected as the optimal
condition in the subsequent experiments.
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Figure 4. Effect of pH on the biosorption of the treated human hair for Cr(III), Cu(II), Cd(II), and Pb(II)
in the multiple-metal system. The initial concentration was 0.18 mmol/L, the contact time was 24 h, and
the biosorbent was 0.1 g in 10 mL initial solution.

3.4. Effect of Biosorbent Concentration

The effect of the biosorbent concentration on the removal efficacy of Cr(III), Cu(II), Cd(II), and
Pb(II) ions was studied in the range of 1–20 g/L in a multiple-metal system (Figure 5). It was observed
that the removal efficacy of the treated human hair for Cr(III), Cu(II), Cd(II), and Pb(II) ions increased
with the increase of biosorbent concentration (Figure 5a). This can be explained by the increase in
surface area of the biosorbent when increasing its amount, which in turn increases the binding sites.
For Cr(III) and Pb(II), the sorbed metal ion (mmol) per unit weight of biosorbent significantly decreased
by increasing the biosorbent concentration (Figure 5b). This can be explained due to the fact that at
high biosorbent concentration, the available metal ions in the aqueous solution are insufficient to cover
all the biosorbent sites due to the corroborated high affinity of these two metals (as can be seen from
results collected in Figures 1 and 4). Furthermore, the metal uptakes (mmol/g) for Cu(II) and Cd(II) are
basically stable with the increase of biosorbent concentration; this means the biosorption quantity of
Cu(II) and Cd(II) increases through increasing the biosorbent concentration. Thus, functional groups
induced on the biosorbent hair surface have stronger affinity for Cr(III) and Pb(II) than for Cu(II)
and Cd(II).
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Figure 5. Effect of the biosorbent concentration on the percentage of biosorption (a) and on the amount
of sorbed metal ion per unit weight of biosorbent (b) of the treated human hair for Cr(III), Cu(II), Cd(II),
and Pb(II) in the multiple-metal system. The initial metal ions concentration was 0.18 mmol/L, the
contact time was 24 h, and the pH of the 10 mL initial aqueous solution was 4.0.

3.5. Effect of Contact Time

Contact time with aqueous contaminated samples is an important parameter for successful usage
of biosorbents in practice. Multiple- and single-metal aqueous systems (at pH = 4) of Cr(III), Cu(II),
Cd(II), and Pb(II) were placed in contact with treated human hair (0.1 g) for periods of 5, 10, 20, 30,
and 45 min, and 1, 2, 3, 4, 6, 12, 24, 48, and 72 h. Results plotted in Figure 6 show the biosorption
capacity of treated human hair for removing Cr(III), Cu(II), Cd(II), and Pb(II) ions. Three steps can be
differentiated during biosorption: the initial step with fast metal biosorption, the second step with
gradual biosorption, and the third step, which can be related to the equilibrium uptake. The first step
can be related to the diffusion of metal species from the solution to the external surface of the hair,
which occurred instantaneously. The second step corresponds to a gradual biosorption uptake of heavy
metal ions until reaching an equilibrium (the third stage). For each metal ion, the biosorption efficacy is
higher for the single-metal system than for the multiple-metal system. Among these, the percentage of
biosorption for Cd(II) is outstanding, with an increase from 29% to 86%. Furthermore, the single-metal
system reached the biosorption equilibrium more rapidly than the multiple-metal system (around
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only 30 min in the former case), which is attributed to the effect of the competition between the heavy
metal ions. Therefore, the selectivity order is Cr(III) > Pb(II) > Cu(II) > Cd(II), which corresponds to
biosorption efficacy in the single-metal system of 98%, 96%, 95%, and 86%, respectively.
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concentration was 0.18mmol/L, the pH was 4.0, and the sorbent concentration was 10 g/L.

3.6. Kinetic Studies

Kinetic models have been used to model experimental data in order to investigate the mechanism
of biosorption. Furthermore, it is important to determine the potential rate controlling steps, such as
mass transport, chemical reaction, and intraparticle diffusion processes, in such systems. Many attempts
have been made to formulate a general expression describing the kinetics of liquid–solid phase sorption
systems [28]. In the present case, the kinetic models applied to the treated human hair as a biosorbent of
heavy metals in solution were the pseudo-first order equation [29], the pseudo-second order equation,
and the Weber–Morris intraparticle diffusion model. These are given by Equations (5)–(7), respectively:

log(qe − qt) = log qe − k1

2.303
t (5)
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t
qt

=
1

k2q2
e
+

t
qe

(6)

qt = k3t1/2 + kd (7)

where, qe and qt are the amount of biosorbed metal ions per unit of mass biosorbent (in mmol/g) at
the equilibrium and at time t (min), respectively; k1 (in min−1) is the rate constant of the pseudo-first
order equation; k2 (in g/(mmol·min)) is the rate constant of the pseudo-second order equation; k3 is
the intraparticle diffusion rate constant (in mmol/(g·min1/2)); and kd is the intercept that relates to the
thickness of the boundary layer.

Experimental data were fitted to pseudo-first and pseudo-second order kinetic models and the
rate corresponding constants (k), correlation coefficients (R2), and qe were estimated (values shown in
Table 1). It is noteworthy that the pseudo-first order equation does not fit well for the whole range
of time, which is generally applicable only over the initial time of the sorption processes, i.e., 30 and
60 min for the multiple- and single- metal biosorption systems, respectively [30]. Moreover, for the
four metal ions in single and multiple systems, the calculated qe did not match well with experimental
data, which suggests the insufficiency of the pseudo-first order model to fit the experimental data.

The pseudo-second order model is more likely to predict kinetic behavior for the whole range
of time studied, which indicates that chemical sorption is the rate-controlling step [31]. Correlation
coefficients were always greater than 0.999, and the values of the predicted equilibrium biosorption
capacities showed a good correlation with the experimental qe values for all four metal ions in both
systems. This shows that the biosorption process perfectly complies with the pseudo-second order
model. In other words, the chemical sorption due to the formation of chemical bonds between the
metal and sorbent in a monolayer onto the surface is the rate-controlling step [32]. The equilibrium
biosorption capacities for Cr(III), Cu(II), Cd(II), and Pb(II) were 0.0166, 0.0174, 0.0165, and 0.0174 mmol/g,
respectively, in the single-metal system, and 0.0155, 0.00945, 0.00429, and 0.0133 mmol/g, respectively,
in the multiple-metal system.

Table 1. Sorption kinetic constants in the multiple- and single-metal systems for Cr(III), Cu(II), Cd(II),
and Pb(II) for both pseudo-first and pseudo-second order models.

Metal Cr Cu Cd Pb

System Single Multiple Single Multiple Single Multiple Single Multiple

Pseudo
first order

k1 × 103

(min−1)
9.21 a 4.19 b 6.91 a 15.0 b 26.3 a 12.9 b 26.8 a 27.3 b

qe
(mmol/g) 0.00132 0.00655 0.00263 0.00346 0.00151 0.00190 0.00173 0.00233

R2 0.9327 0.7343 0.9905 0.8794 0.9136 0.8592 0.8381 0.9030

Pseudo
second
order

k2
(g/mmol min) 15.4 1.51 3.83 6.75 38.2 16.2 17.8 16.6

qe
(mmol/g) 0.0166 0.0155 0.0174 0.00945 0.0165 0.00429 0.0174 0.0133

R2 1.000 0.9993 0.9999 0.9999 1.000 0.9997 1.000 1.000

kd
(mmol/g) 0.0151 0.00831 0.0145 0.00517 0.0148 0.00223 0.0157 0.0103

a: 30 min, b: 1 h.

For the single-metal system, the kinetic constant values found for the pseudo-second order model
(k2) decreased in the following order: Cd (II) > Pb(II) > Cr(III) > Cu(III). This indicates that Cd (II) was
more easily and rapidly adsorbed by treated human hair than Pb(II), Cr (III), and Cu (II). In this case,
the sorption rate was lower for the heavy metal with the smallest ionic radius since Cu(II) has an ionic
radius of 0.069 nm compared to 0.097 nm for Cd(II), 0.119 nm for Pb(II), and 0.070 nm for Cr(III).
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The pseudo-first and pseudo-second order models cannot provide information about the diffusion
mechanism controlling biosorption. Thus, the Weber–Morris intraparticle diffusion model was
adjusted [33]. The plots of qt versus t1/2 are shown in the Figure 7. Unlike some simple cases,
mathematical formulations representing the diffusion and biosorption are generally solvable analytically.
In this case, these plots can be divided into multi-linear correlations, which indicates that the biosorption
process take place in three steps and is not controlled solely by the intraparticle diffusion mechanism.
The first stage corresponds to the sharper stage, where the metal ions move from the solution to
the external surface of the biosorbent, through film diffusion, or the boundary layer diffusion of the
metal species [34]. The second step describes the gradual biosorption onto the surface of the treated
hair, where the intraparticle diffusion is the rate-limiting [35]. The third stage corresponds to the
final biosorption equilibrium where the intraparticle diffusion starts to slow down due to extremely
low metal ion concentration left in the solution. The presence of these three stages in the plots
(Figure 7) suggests that the film diffusion and intraparticle diffusion were simultaneously controlling
the biosorption process and both are enhanced with the increase of the initial metal concentration.Water 2020, 12, x FOR PEER REVIEW 13 of 18 

 

 

 

Figure 7. Weber–Morris intraparticle diffusion kinetic model applied for the metal ion biosorption 

onto the treated human hair, with time: (a) in the multiple-metal system, and (b) in the single-metal 

system. 

3.7. Thermodynamic Isotherm Characterization 

Sorption isotherms at equilibrium are very important data to understand the mechanism of 

each sorption system from a physicochemical perspective. The sorption capacity of a sorbent can be 

also described by the equilibrium sorption isotherm, which is characterized by some specific 

constants whose values provide information about the affinity between the liquid–solid sorption 

systems. 

In the present study, two isotherm models were selected to fit the experimental data, namely, 

the Freundlich and Langmuir isotherm models [36]. The linear forms of the Freundlich and 

Langmuir isotherms are presented by Equations (8) and (9), respectively: 

eFe C
n

kq log
1

log log   (8) 

Figure 7. Weber–Morris intraparticle diffusion kinetic model applied for the metal ion biosorption onto
the treated human hair, with time: (a) in the multiple-metal system, and (b) in the single-metal system.
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3.7. Thermodynamic Isotherm Characterization

Sorption isotherms at equilibrium are very important data to understand the mechanism of each
sorption system from a physicochemical perspective. The sorption capacity of a sorbent can be also
described by the equilibrium sorption isotherm, which is characterized by some specific constants
whose values provide information about the affinity between the liquid–solid sorption systems.

In the present study, two isotherm models were selected to fit the experimental data, namely,
the Freundlich and Langmuir isotherm models [36]. The linear forms of the Freundlich and Langmuir
isotherms are presented by Equations (8) and (9), respectively:

log qe = log kF +
1
n

log Ce (8)

Ce

qe
=

b
KL

Ce +
1

KL
(9)

where Ce is the equilibrium concentration of the metal ion in the residual solution (in mol/L); qe is the
amount of the sorbed metal at the equilibrium per unit of mass of sorbent (in mol/g); kF and n are
Freundlich constants; and KL = Q0b, where Q0 and b are the Langmuir constants, corresponding to the
saturation concentration of the sorbed metal ion per unit of mass of sorbent (in mol/g) and the ratio of
sorption/desorption rates (in L/mol), respectively.

For both models and following Equations (8) and (9), log qe versus log Ce and Ce/qe versus Ce are
calculated and compared with the experimental data, respectively. In addition, all the constants and
correlation coefficients obtained for each model are summarized in Table 2.

Table 2. Freundlich and Langmuir isotherm constants for the biosorption of Cr(III), Cu(II), Cd(II),
and Pb(II) by the treated human hair.

Constant Cr Cu Cd Pb

Freundlich
KF × 103 1.56 2.87 0.546 0.247

n 2.30 1.90 2.86 3.63
R2 0.8646 0.8402 0.9291 0.8607

Langmuir

Q0 × 105 (mol/g) 9.47 5.57 3.77 3.61
B × 10−4 (L/mol) 1.07 2.06 8.64 8.04

KL (L/g) 1.01 1.15 3.26 2.90
R2 0.9912 0.9905 0.9952 1.000

−∆G0 (kJ/mol) 22.8 24.4 27.9 27.7

From the correlation coefficient values of both isotherm equations, it was observed that the
Langmuir isotherm fitted the data better than the Freundlich isotherm, showing that the biosorption
process relies on a specific site’s sorption mechanism where adsorbate molecules occupy specific sites
on the biosorbent. In Figure 8, experimental and calculated data for the Langmuir isotherm model are
represented showing good correlation between the data. Taking on board the Langmuir equation, the
saturated biosorption capacities of the treated human hair at 295 K for Cr(III), Cu(II), Cd(II), and Pb(II)
were 9.47 × 10−5, 5.57 × 10−5, 3.77 × 10−5, and 3.61 × 10−5 mol/g, respectively.

It is worth noting that the theoretical maximum values of adsorption capacity given by the
Langmuir equation (Qo) for the treated human hair were found to decrease in the order Cr (III) >

Cu(II) > Cd(II) ~Pb(II). The metals with highest absorption capacities are those with lowest ionic
radius, i.e., Cu(II) and Cr(III), while Pb(II), which has the largest ionic radius (0.119 nm), shows the
smallest sorption capacity. This observed trend, based on the ionic radius, may be caused by the quick
saturation of adsorption sites induced by the largest ions. This behavior is in agreement with that
observed for the absorption of Pb(II), Cd (II), Ni(II), and Zn(II) using natural zeolite as a sorbent, where
the adsorbed amount decreased as the ionic radius increased [37].
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In addition, from the estimated Langmuir sorption/desorption constant, the standard Gibb’s free
energy (∆G0) of the biosorption process can be evaluated by using Equation (10):

∆G0 = −RT ln b (10)

where b is the Langmuir equilibrium constant shown in Equation (8), R is the universal gas constant
(8.314 J/mol K), and T is the absolute temperature (K). The standard Gibb’s free energy (∆G0) values
are shown in Table 2. The negative ∆G0 values indicate that the biosorption of metals into human hair
is thermodynamically feasible and of spontaneous nature.

3.8. Desorption, Regeneration, and Reuse Studies

Recovery of the adsorbed heavy metals and reuse of the biosorbent are of significance from the
viewpoint of practical application. As indicated previously, two eluent solutions, EDTA and HNO3,
were screened for their potential to desorb Pb(II) ions from metal-adsorbed treated human hair (98% of
biosorption). Both eluents can effectively desorb the heavy metal ions from the metal loaded-treated
human hair, with the elution efficiency of EDTA solution being slightly better than that of the HNO3

solution, 89% ± 1% and 85% ± 1%, respectively. EDTA may combine both acidic and complexing
effects, while nitric acid only has the acidic effect to liberate the adsorbed metals, which explains the
higher ability of EDTA for removing the metal. In addition, the ability of EDTA to complex heavy
metals, such as lead, due to the high complex constant, is well known.

The reuse of regenerated human hair for the possible continuous removal of heavy metals was
investigated. After the desorption process, the hair samples were washed several times (following
two different methods of cleaning), dried in an oven at 40 ◦C overnight, and their performance in
a second biosorption step of fresh Pb(II) aqueous sample was then checked. The results show that
the metal removal percentages (in the second biosorption step) of the regenerated hair samples are
dependent on the elution methods. When using EDTA as eluent and deionized water for rinsing the
used biomaterials, the Pb(II) removal percentage was 87 ± 2 %, while for samples eluted with HNO3

the metal removal was 38 ± 4 %. Consequently, although HNO3 is a very powerful metal eluent,
it shows negative effects for the reuse of hair samples and results in a decrease of metal uptake capacity
during the second application. This is probably because the acidic environment after the desorption
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step with nitric acid leads to the ionization state of functional groups on the biomaterial’s surface, thus
becoming a competitive medium for the next metal biosorption step. To confirm this concept, another
set of samples were first eluted using EDTA, then rinsed with HNO3 solution, and later washed with
deionized water and dried. The biosorption capacities of the regenerated human hair samples by this
method also decreased the second time (75 ± 1 %). It is clear that the desorption of metal adsorbed
onto the biomaterials using HNO3 negatively affects their reuse.

4. Conclusions

Chemically treated human hair behaved better than untreated hair in the process of removing
metals from aqueous effluent. In particular, treated human hair was demonstrated to be an effective
biosorbent for the removal of Cr(III), Cu(II), Cd(II), and Pb(II), and showed less effectiveness for metals
such as Ni(II), Co(II), Mn(II), and Zn(II). It was observed that the operating parameters controlling the
biosorption process, such as the pH of the aqueous heavy metal solution, the biosorbent concentration,
and the contact time, had a significant influence on the metal uptake. In addition, treated human hair
showed higher biosorption capacity when metals were applied in the single-system compared with the
multiple-system solution, due to the induced competition between metal ions for the biosorbent sites.
In the single system, removal efficacy of the treated human hair was found to be 86% for Cd(II), 92%
for Cu(II), 96% for Pb(II), and 98% for Cr(III) when working with 10 g/L of biosorbent concentration at
pH = 4.0.

According to the kinetic study, the biosorption of metal ions onto the treated human hair followed
well the pseudo-second order kinetic model. Hence, physico-chemical interaction between induced
functional groups (i.e., sulfonic acid groups as demonstrated by FTIR) in treated hair and metal ions is
the fundamental mechanism controlling biosorption, with the film diffusion being the rate limiting step.
Biosorption at equilibrium was better correlated with the Langmuir isotherm model compared to the
Freundlich model, corroborating the finding that the mechanism of sorption is based on site-specific
molecular sorption. The calculated standard Gibb’s free energy (∆G0) indicated the thermodynamically
feasible and spontaneous nature of the biosorption process.

Preliminary desorption experiments proved that EDTA and HNO3 solutions were efficient eluents
for the recovery of Pb(II) from the treated human hair. In particular, the treated human hair regenerated
with EDTA showed the best biosorption efficiency when reused.

Taking into consideration the present findings, it can be stated that treated human hair could
potentially be used as an effective and low-cost biosorbent for the removal of heavy metal ions from
aqueous solution.
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Abstract: Removal of aquatic cadmium ions using biochar is a low-cost method, but the results
are usually not satisfactory. Modified biochar, which can be a low-cost and efficient material,
is urgently required for Cd-polluted water and soil remediation. Herein, poplar bark (SB) and poplar
sawdust (MB) were used as raw materials to prepare modified biochar, which is rich in N- and
S- containing groups, i.e., TSBC-600 and TMBC-600, using a co-pyrolysis method with thiourea.
The adsorption characteristics of Cd2+ in simulated wastewater were explored. The results indicated
that the modification optimized the surface structure of biochar, Cd2+ adsorption process by both
TSBC-600 and TMBC-600 was mainly influenced by the initial pH, biochar dosage, and contact
time, sthe TSBC-600 showed a higher adsorption capacity compared to TMBC-600 under different
conditions. The Langmuir adsorption isotherm model and pseudo-second-order kinetic model were
more consistent with the adsorption behavior of TSBC-600 and TMBC-600 to Cd2+, the maximum
adsorption capacity of TSBC-600 and TMBC-600 calculated by the Langmuir adsorption isotherm
model was 19.998 mg/g and 9.631 mg/g, respectively. The modification method for introducing N
and S into biochar by the co-pyrolysis of biomass and thiourea enhanced the removal rate of aquatic
cadmium ions by biochar.

Keywords: biochar; thiourea; cadmium pollution; adsorption characteristics; water treatment

1. Introduction

Cadmium (Cd) has extreme biological toxicity, long half-life, and low elimination efficiency [1]. It is
one of the “ten chemicals of major public health concern” listed by the World Health Organization [2].
Cd can readily cause damage to the internal organs and systems of the human body, and is the most
toxic transition metal element that poses global human health risks [3]. In 2014, the fraction of points
that exceeded the standard quantity of Cd in cultivated land in China was 7% [4], and the area of
farmland polluted by Cd reached 20 million hectares, which was mainly caused by irrigation due
to industrial wastewater [5]. With the improvement in food safety standards and environmental
awareness of the public, the prevention of Cd contamination of the food chain has become a common
concern [6].

Irrigation using wastewater is the main source of Cd pollution in farmland soil [7]. Therefore,
eliminating Cd from wastewater is the most effective remediation method [8]. Currently, the methods
for the removal of Cd2+ in wastewater are mainly chemical precipitation, ion exchange, membrane
separation, coagulation, and adsorption [9]. Among them, the adsorption method is widely used
due to the low energy consumption, high removal rate, and simple operation. Biochar is a type of
carbon-rich porous material [10], which is accessible by high-temperature conversion of biomass
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in anoxic or anaerobic environments. It has been widely used in sewage treatment. Li et al. used
vinegar-residue biochar to adsorb Cd2+ in water, while the maximum adsorption capacity for Cd2+

was only 2.91 mg/g [11]. Yakkala et al. prepared Buffal weed biochar to adsorb Cd2+ and Pb2+ in water,
and the adsorption capacity was 11.63 mg/g and 333.33 mg/g, respectively [12]. Jing et al. prepared
biochar to adsorb Cd2+ in soil, and the adsorption capacity was 5.00 mg/g [13]. Although biochar can
adsorb cadmium ion to some extent, it is limited by the surface pore structure and functional groups,
and the single biochar adsorption capacity is very limited [14]. To maximize the adsorption of biochar,
modification by doping becomes an important method to optimize the pore structure of biochar and
increase the functional groups and specific adsorption sites. Currently, the main methods include
chemical modification of the surface, co-pyrolysis, and catalytic esterification [15–17]. Previous studies
have shown that the type of modifier, as well as the modification method can affect the quality of the
modified biochar [18–20]. Ma et al. synthesized modified biochar rich in -NH2 by cross-linking using
polyethyleneimine as the modifier, and the maximum adsorption capacity of the modified biochar to
Cr6+ was 435 mg/g, much higher than the 23.09 mg/g before modification [21]. Park et al. prepared
sulfur-modified biochar by the co-pyrolysis of sulfur and wood chips at 600 ◦C; after impregnation,
the maximum adsorption capacity of the modified biochar for mercury was 107.5 mg/g, which was
higher than that of the raw materials by 86%. This modification method enables sulfur to be doped
into the biochar structure in the form of groups and enhanced the specific adsorption capacity of
biochar [22]. At present, sulfur and nitrogen-modified biochar are the most common technologies,
which have several disadvantages such as low practicability, low utilization of modifiers, and one
modifier that can only be completed via modification [23].

Therefore, the specific objectives of this study are: (1) to prepare biochar with stable performance,
rich functions, strong adsorption capacity, and multiple modifications as one step pyrolysis; (2) to
compare the microstructure and physical characteristics of raw biochar and modified biochar by
multiple techniques; (3) to evaluate the adsorption characteristics of thiourea-modified biochar on
cadmium ions under different conditions, and experimental data were investigated with isotherm
model and kinetic sorption model. The main aims of this study include understanding the role of
the modified biochar produced from co-pyrolysed thiourea in the removal of Cd2+, and providing
technical support for its application in environmental remediation.

2. Materials and Methods

2.1. Preparation of Thiourea Modified Biochar

The collected sawdust and bark (from Wenchang Campus of China University of Mining and
Technology, Xuzhou, Jiangsu, China) were thoroughly washed with deionized water and dried in
an oven at 60 ◦C for 24 h. The biomass raw material and thiourea were weighed at a mass ratio of 1:1,
respectively, and placed in a tubular furnace under an argon atmosphere after even mixing. The furnace
was heated up to 300 to 700 ◦C at a heating rate of 5 ◦C/min and kept at the same temperature for 2 h
to prepare thiourea-modified biochar (denoted as TSBC-600 and TMBC-600, where T stands for the
pyrolysis temperature). The samples were crushed, passed through a 60-mesh sieve, and stored for
future use (preparation is shown in Figure S1).

For comparison, unmodified biochar materials (MBC-600, SBC-600) were prepared by heating to
600 ◦C at 5 ◦C/min in an argon atmosphere without adding thiourea.

2.2. Physicochemical Properties and Structural Characterization of Biochar

Deionized water and biochar were mixed at a mass ratio of 20:1, and the pH value of the aqueous
solution was measured with a pH meter to determine the acidity and basicity of the biochar. The ash
content was measured by the combustion method [24]. The specific surface area and pore size
distribution of biochar were investigated using N2-isothermal adsorption and desorption experiments.
The specific surface area of the material was calculated using the Brauner-Emmett-Teller (BET) equation,
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and the pore size distribution of the materials was determined by using the Density functional theory
(DFT) model.

Field emission scanning electron microscope/energy-dispersive X-ray spectroscopy (SEM-EDX)
(FEI QuantaTM 250, FEI, Boston, MA, USA) was used to observe the surface morphology; Fourier
transform infrared spectroscopy (FTIR) (VERTEX 80V, Bruker, Karlsruhe, Germany) was used to
characterize the surface properties of biochar. Typically, approximately 0.02 g of the dry sample was
thoroughly mixed with KBr and pressed into semi-transparent pellets using a manual hydraulic press,
and all spectra were acquired with a resolution of 2 cm−1 for 28 scans, over a wavenumber range
between 400 and 4000 cm−1. X-ray photoelectron spectroscopy (XPS) (ESCALAB 250Xi, Thermo Fisher,
Boston, MA, USA) was used to characterize the chemical state of the biomass carbon material, and the
binding energy values were all calibrated based on the hydrocarbon contamination using the C 1s
peak at 284.8 eV.

2.3. Batch Adsorption Experiment

2.3.1. Determining the Relationship between Pyrolysis Temperature and Biochar
Adsorption Performance

An amount of 0.02 g of the modified biochar prepared at five different temperatures was placed
into a centrifuge tube, 20 mL of 10 mg/L Cd2+ solution was added and then shaken well. The mixture
was oscillated at 25 ◦C for 24 h. Finally, the optimal pyrolysis temperature of biochar was determined.

2.3.2. Determining the Relationship between pH and the Amount of Cd2+ Adsorbed by Biochar

Amounts of 0.01 mol/L HCl and 0.01 mol/L NaOH were used to modulate the pH of 20 mL of
10 mg/L Cd2+ solution to 2, 3, 4, 5, 6, and 7 for minimizing the effect of Cd-chloride hydrolysis, then
weremplaced one hour and there was no observed precipitation by the transillumination test, and then
0.02 g modified biochar were added. The mixture was mixed well and oscillated at 25 ◦C for 24 h.

2.3.3. Determination of the Relationship between the Dosage and the Capacity of Cd2+ Adsorbed
by Biochar

The concentration of modified biochar was controlled to be 1, 2, 3, 4, 5, 6, 7, 8, 9, 10 g/L, respectively.
The pH of the TMBC solution and TSBC solution was modulated to be 7, respectively. The initial
concentration of Cd2+ in each solution was 10 mg/L. Finally, the optimal dose of biochar was determined.

2.3.4. Adsorption Kinetics

0.10 g of TMBC-600 was added into a 50 mL centrifuge tube, and subsequently, 20 mL of 100 mg/L
Cd2+ solution was added. The pH was adjusted to be 7, and the samples were taken after oscillation
for 5, 10, 30, 60, 120, 240, 360, 720, and 1440 min, respectively. For TSBC-600, the mass was 0.08 g,
and the other procedures were the same as those of TMBC-600.

The adsorption kinetic equation can reflect the change in the adsorption capacity of the adsorbent
to the solute as a function of time, i.e., the speed of the adsorption rate [25]. In this study, the more
commonly used pseudo-first-order and pseudo-second-order kinetic model equations were used to fit
the adsorption data.

Adsorption capacity:

qe =
(C0 −Ce) ×V

m
(1)

qt =
(C0 −Ct) ×V

m
(2)

287



Water 2020, 12, 1117

pseudo-first-order kinetic model equation:

ln(1 − qt

qe
) = −k1t (3)

pseudo-second-order kinetic model equation:

t
qt

=
1

k2q2
e
+

t
qe

(4)

where t is the adsorption time (min); C0 is the initial concentration of Cd2+ in the solution (mg/L);
Ce is concentration of Cd2+ in the solution when the adsorption reaches equilibrium (mg/L); Ct is
the concentration of Cd2+ in the solution at t (mg/L); V is the volume of the solution participation in
the adsorption reaction (L); m is the mass of the added biochar (g); qe is the equilibrium adsorption
capacity for biochar when the adsorption reaches equilibrium(mg/g); qt is the adsorption capacity for
biochar at t (mg/g); k1 is the rate constant of the pseudo-first-order kinetic equation (min−1); k2 is the
rate constant of the pseudo-first-order kinetic equation (g/mg/min).

2.3.5. Isothermal Adsorption

An amount of 0.10 g of TMBC-600 was added into a 50 mL centrifuge tube, and then 20 mL of 5,
10, 30, 100, 250, and 500 mg/L Cd2+ solution was added, respectively. The pH was adjusted to be 7 and
subsequently oscillated for 24 h at room temperature. For TSBC, the mass was 0.08 g, and the other
procedures were the same as those of TMBC-600.

In this study, Langmuir and Freundlich isothermal adsorption models were used to analyze the
adsorption of the two modified biochars. For the Langmuir model, it is assumed that the surface of the
adsorbent has the same adsorption active sites and that the adsorption occurs in the monolayer [26].

Langmuir equation:

Qe =
Qm ×KL ×Ce

1 + KLCe
(5)

Freundlich equation:
Qe = KfC

1/n
e (6)

where Qm is the maximum adsorption capacity (mg/g); KL (L/g) is the affinity constant of the interaction
between the adsorbate and the adsorbent; Ce is the concentration of the adsorbate when the adsorption
reaches equilibrium (mg/L); Kf is the Freundlich adsorption capacity parameter; n is the empirical
parameter of the adsorption strength (determined by the heterogeneity of the material).

3. Results

3.1. Effects of Modification on the Physicochemical Properties of Biochar

The physicochemical properties of biochar before and after modification are shown in Table 1.
It can be seen from Table 1 that the biochar is alkaline due to the release of alkaline salts during the
pyrolysis, and the pH of the biochar is increased after modification. This indicates that the change
in pH and the ash content are positively correlated, as the ash of biochar contains K, Ca, Na, Mg, S,
and other elements. These elements are attached to the surface of the biochar in the form of oxides and
carbonates, and are alkaline in solution [27]. In addition, these inorganic components can co-precipitate
with cadmium ions to remove [28]. The N2 adsorption was carried out for the TMBC-600 and TSBC-600
(Figure S2). TMBC-600 and TSBC-600 exhibit reversible type I isotherm, a microporous filling at low
P/P0 and a H4 typed hysteresis loop within intermediate and high P/P0, indicating the coexistence of
both micropores and meso-/macropores in TMBC-600 and TSBC-600 [29]. From the DFT pore width
distribution, TMBC-600 demonstrates low micropores and abundant mesopores, and TSBC-600 shows
more micropores. Compared with the samples before modification, the BET specific surface area of
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TMBC-600 and TSBC-600 increased by 3.08 m2/g and 2.93 m2/g, respectively, and the internal pore
diameter increased by 0.17% and 1.48%, indicating that the surface and pore structure of the modified
biochar has changed significantly. This is because, during the slow pyrolysis process, the steam
generated by the modifier at high temperature penetrates the internal structure of the raw biochar,
dredging the pores in it. This is consistent with the research results reported by O’Connor et al. [16].

Table 1. Physicochemical properties of MBC-600, SBC-600, TMBC-600, and TSBC-600.
BET, Brauner-Emmett-Teller.

Samples Yield (%) Ash (%) pH BET Surface
Area (m2/g)

Average Pore
Diameter (nm)

MBC-600 24.26 46.75 7.07 2.46 4.66
SBC-600 31.42 41.68 9.92 2.77 1.94

TMBC-600 — 57.46 8.94 5.54 4.83
TSBC-600 — 47.71 10.85 5.70 3.42

Notes: MBC-600, poplar sawdust biochar; SBC-600, poplar bark biochar; TMBC-600, thiourea modified poplar
sawdust biochar; TSBC-600, thiourea modified Poplar bark biochar.

3.2. Effect of Modification on Morphology and Structure of Biochar

Figure 1 shows the SEM-EDS images of two materials before and after modification. From Figure 1,
it is observed that before the modification, both SBC-600 and MBC-600 have a lamellar structure, which
is more regularly arranged. The internal and external structures are well-formed and the surface is
rough. The lamellar stack structure is obvious with an obvious pore structure. As proposed by Wu et
al. [30] also, after modification, the granular and block structure of TSBC-600 and TMBC-600 increased,
presumably due to the introduction of sulfur-containing groups that increased the number of biochar
particles and the surface became smooth. Part of the pore structure was blocked, the impurities on the
biochar surface reduced, and the outline of the structure was clear. EDS analysis indicated that the
nitrogen content of the TSBC-600 increased from 3.57% to 15.43%, and the sulfur content increased
from 0.30% to 3.68%; the nitrogen content of the TMBC-600 increased from 3.30% to 13.61%, and the
sulfur content increased from 0.17% to 2.89%, which fully confirmed that N and S were successfully
doped into the biochar during the modification process.
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and TSBC-600.

3.3. Effects of Modification on Functional Groups on the Biochar Surface

The FTIR spectra of the two biochars (TMBC-600 and TSBC-600) before and after modification and
before and after adsorption are shown in Figure 2. From Figure 2, the absorption peak at approximately
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3300 cm−1 is assigned to the stretching vibration of -OH [31], and the strong absorption peaks appearing
near 2988 cm−1 at TMBC-600 and TSBC-600 are the stretching vibration of -NH2 [32], indicating that the
nitrogen in thiourea participated in the amination of the surface of the biochar during the modification
process. The absorption peak at 2901 cm−1 was assigned to the stretching vibration of -CH2 or -CH [33].
The characteristic peak appearing at 2358 cm−1 after modification may be caused by the stretching
vibration of the -C≡N triple bond, and the two strong absorption peaks, i.e., 1066 cm−1 and 1244 cm−1

appearing in the frequency band of 1050–1250 cm−1 are the stretching vibration absorption peaks of C-S
and C=S [30], respectively, indicating the presence of sulfurization during the modification of biochar.
The characteristic absorption peak at 1439 cm−1 is attributed to the stretching vibration of C-N [34],
and the absorption peak at 1585 cm−1 may be the absorption characteristic peak of C=N or C=O [14].
Generally, C-H stretching vibrational absorption peaks of methyl and methylene appear in the vicinity
of 2960 cm−1, and the adsorption frequency of methylene will shift to the low-frequency region and
the absorption intensity will become weaker after the introduction of the S atoms [35]. The peak at
2901 cm−1 evidences this and confirms that the S-containing groups were involved in the modification.
The absorption peak in the 1400–1600 cm−1 band shifted after the reaction and the peak intensity
weakened, indicating that Cd2+ and the functional group on the surface of the biochar were bound
to the adsorption site by complexation [36]. The characteristic peaks of -NH2 and sulfur-containing
groups weakened after the adsorption reaction, indicating that the newly introduced functional groups
participated in the adsorption of Cd2+.
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before and after modi3fication, in which the carbon was present in three forms, i.e., C-C (284.7 eV), 
C-O/C-N/C-S (286.2 eV), and C=O (288.6 eV) [38]. It can be seen from (A1) that, after the modification, 
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Figure 2. FTIR spectra of MBC-600, TMBC-600 and FMBC-600 (after Cd2+ adsorption) (a), and SBC-600,
TSBC-600 and FSBC-600 (after Cd2+ adsorption) (b), (F stands for adsorption reaction).

3.4. XPS Analysis of Biochar before and after Modification

To further verify whether this modification method successfully doped N and S into the biochar
carbon lattice, X-ray photoelectron spectroscopy analysis was used to analyze the change in the binding
energy of C, N, and S in the biochar before and after modification. Figure 3a shows the XPS survey
spectrum of MBC-600 and TMBC-600, in which the nitrogen content increased by 1.43% and the sulfur
content increased by 2.03%. Figure 3b shows the XPS survey spectrum of SBC-600 and TSBC-600,
in which the nitrogen content increased by 6.53% and the sulfur content increased by 3.39%. After
modification, the extent of doping with N and S has improved significantly. The change in the mass
fraction of the surface element is closely related to the functional group type and quantity of biochar
before and after modification, which indicates that the modified material has better electrochemical
performance [37]. Figure S3 (A1) and (A2) show the C 1s spectra of the two materials before and
after modi3fication, in which the carbon was present in three forms, i.e., C-C (284.7 eV), C-O/C-N/C-S
(286.2 eV), and C=O (288.6 eV) [38]. It can be seen from (A1) that, after the modification, the content of
the three types of carbon in TMBC-600 changed significantly, while TSBC-600 in (A2) has not changed
much. The changes in C-N and C-S indicate that N and S substitute C and become part of the carbon
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skeleton in the form of structural nitrogen and structural sulfur [39]. Figure S3 (B1) and (B2) show the N
1s spectra of the materials before and after modification. The nitrogen is mainly present in four forms,
i.e., N-6 (pyridine nitrogen, 398.5 eV), N-5 (pyrrole nitrogen, 399.5 eV), and N-Q (graphite nitrogen,
400.7 eV) and NOx (nitrogen oxide, 402.2 eV) [40,41]. The N 1s spectra of MBC-600 and SBC-600 in
(A1) and (A2) show that the nitrogen content of unmodified biochar is very small. Compared with
MBC-600 and SBC-600, the number of different forms of nitrogen in TMBC-600 and TSBC-600 increased
significantly and mainly existed in the form of pyridine nitrogen and graphite nitrogen, indicating
that the nitrogen atom was successfully introduced into the carbon lattice and formed a bond with
the carbon atom. The number of pyridine nitrogen was higher than that of graphite nitrogen, which
has been confirmed in studies with thiourea as an additional doped nitrogen source [15]. Pyridine
nitrogen can promote the coordination of metal ions, and thus, is more favorable for the removal
of metal ions [42]. Figure S3 (C1) is the S 2p spectrum of MBC-600 and TMBC-600. It can be seen
from the figure that the sulfur content of MBC-600 is small, while that in TMBC-600 is significantly
increased, existing mainly in three forms, i.e., C=S (163.9 eV), C-S (165.1 eV), and S(=O)2 (168.3 eV).
Figure S3 (C2) is the S 2p spectrum of SBC-600 and TSBC-600. Compared with SBC-600, the sulfur
content of TSBC-600 is significantly increased, and the sulfur exists in five main forms, i.e., C=S
(163.9 eV), C-S (165.1 eV), S(=O)2 (168.3 eV), Sul S (sulfide sulfur, 161.8 eV), and S(-II) (160.6 eV) [35,43].
This confirms that the sulfur was successfully doped into the biochar carbon skeleton structure after
modification. The doping of N and S elements has given biochar materials some specific properties,
such as easier electrochemical reaction and adsorption.
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3.5. Adsorption Experiment Results

3.5.1. Effect of Pyrolysis Temperature on Cd2+ Adsorption by Modified Biochar

Cd2+ was removed by modified biochar at different pyrolysis temperatures and the results are
shown in Figure 4. It can be seen from Figure 4 that when the dosage of biochar is 1 g/L and the initial pH
of the solution is 7, the removal rate of Cd2+ by TSBC increases as the pyrolysis temperature increases.
The removal rate of Cd2+ by TMBC in the range of 300–600 ◦C showed an upward trend, and the
removal rate decreased above 600 ◦C. The removal rate of Cd2+ by TSBC was higher than that of TMBC.
The removal rate of TMBC-600 and TSBC-600 were the highest at 43.83% and 87.29%, respectively.
The removal rate associated with TMBC-600 increased by 36.53% compared with TMBC-300, and that
of TSBC-600 increased by 81.07% compared with TSBC-300. Considering the energy consumption
and raw material utilization in the process of preparing biochar, biochar was prepared at a pyrolysis
temperature of 600 ◦C in this study.
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3.5.2. Effect of Initial pH on Cd2+ Adsorption by Biochar

As shown in Figure 5, when the dosage of modified biochar was 1 g/L and the initial concentration
of Cd2+ is 10 mg/L, as the pH increases, the removal rate of Cd2+ by both the biochars increase. Under
strongly acidic conditions, the removal rate of Cd2+ by TSBC-600 is higher and that of TMBC-600
is lower. When the pH is in the range of 4–7 and 6–7, respectively, the adsorption of TSBC-600 and
TMBC-600 is better, and the adsorption efficiency of TSBC-600 was higher than that of TMBC-600.
When the pH was 4–7, the removal rate of Cd2+ in the solution can reach 93%; when pH = 7, the removal
rate of Cd2+ by TSBC-600 became the highest, which was 96.05%. For TMBC-600, when the pH was at
2–6, the removal rate of Cd2+ increased slowly. When pH = 7, TMBC-600 had the highest removal
rate of Cd2+, which was 58.41%. Due to the difference in biomass materials, the alkalinity of the two
modified biochars differed significantly. From Figure 6, it can be seen that the equilibrium pH of
the biochar solution has increased to varying degrees after Cd2+ adsorption. The equilibrium pH of
TSBC-600 was higher than TMBC-600, indicating that the basicity of TSBC-600 is greater, which is
consistent with the pH measurement results in 2.1.

Water 2020, 12, x FOR PEER REVIEW 8 of 16 

 

 
Figure 4. Effect of different pyrolysis temperatures on Cd2+ adsorption by TMBC-600 and TSBC-600. 

3.5.2. Effect of Initial pH on Cd2+ Adsorption by Biochar 

As shown in Figure 5, when the dosage of modified biochar was 1 g/L and the initial 
concentration of Cd2+ is 10 mg/L, as the pH increases, the removal rate of Cd2+ by both the biochars 
increase. Under strongly acidic conditions, the removal rate of Cd2+ by TSBC-600 is higher and that 
of TMBC-600 is lower. When the pH is in the range of 4–7 and 6–7, respectively, the adsorption of 
TSBC-600 and TMBC-600 is better, and the adsorption efficiency of TSBC-600 was higher than that of 
TMBC-600. When the pH was 4–7, the removal rate of Cd2+ in the solution can reach 93%; when pH 
= 7, the removal rate of Cd2+ by TSBC-600 became the highest, which was 96.05%. For TMBC-600, 
when the pH was at 2–6, the removal rate of Cd2+ increased slowly. When pH = 7, TMBC-600 had the 
highest removal rate of Cd2+, which was 58.41%. Due to the difference in biomass materials, the 
alkalinity of the two modified biochars differed significantly. From Figure 6, it can be seen that the 
equilibrium pH of the biochar solution has increased to varying degrees after Cd2+ adsorption. The 
equilibrium pH of TSBC-600 was higher than TMBC-600, indicating that the basicity of TSBC-600 is 
greater, which is consistent with the pH measurement results in 2.1. 

Experiments have shown that TSBC-600 has good acid resistance. In the set pH range, TSBC-600 
showed a strong removal rate of Cd2+, which might be related to the role of the nitrogen-sulfur 
functional groups and cadmium ions. This has important implications for the research on the removal 
of cadmium in typical acidic wastewater such as mining wastewater. 

  
Figure 5. Effect of different pH on Cd2+ removal efficiency by TMBC-600 and TSBC-600 (a), 
comparison between the initial and final pH after the reaction (b). 

3.5.3. Effect of Dosage of Biochar on Cd2+ Adsorption 

It can be seen from Figure 6 that as the initial pH of the solution was 7, and the initial c (Cd2+) of 
the solution was 10 mg/L, the removal rate of Cd2+ increased with the increase in the two kinds of 
biochar. When the dosage of TMBC-600 and TSBC-600 was 5 g/L and 4 g/L, the adsorption of Cd2+ by 
biochar reached saturation, and the removal rate reached 92.50% and 98.15%, respectively. As the 

Figure 5. Effect of different pH on Cd2+ removal efficiency by TMBC-600 and TSBC-600 (a), comparison
between the initial and final pH after the reaction (b).

292



Water 2020, 12, 1117

Water 2020, 12, x FOR PEER REVIEW 9 of 16 

 

dosage was increased continuously, the removal rate of Cd2+ did not vary much. This is possibly 
because the binding of cadmium ions to the limited adsorption sites on the surface of biochar reaches 
saturation when the dosage is small. With the increase in the dosage, the remaining cadmium ions in 
the solution bind to the new adsorption sites. Finally, the adsorption reached equilibrium, and further 
increase in dosage had little effect on the removal rate. 

 
Figure 6. Effect of different dosage on adsorption of Cd2+ by TMBC-600 and TSBC-600. 

3.5.4. Analysis of Adsorption Kinetics 

The adsorption capacity of Cd2+ by biochar as a function of time is shown in Figure 7. As shown 
in Figure 7, the adsorption capacity of TSBC-600, SBC-600, TMBC-600, and MBC-600 all increase with 
the increase of the adsorption time, and eventually reach equilibrium. TSBC-600, SBC-600, TMBC-
600, and MBC-600 reached adsorption equilibrium at 240, 960, 360, and 960 min, respectively. In the 
initial stage of adsorption, the adsorption efficiency of each biochar is high and it gradually decreases 
with the increase in adsorption time. This is because there are more sites on the biochar surface that 
can bind to Cd2+ at the beginning of adsorption, and Cd2+ can be quickly adsorbed by the biochar. At 
this time, there is no competitive adsorption. As the adsorption time increases, the effective 
adsorption sites on the surface of the biochar gradually decrease, and Cd2+ needs to diffuse into the 
inside of porous medium. At this time, the mass transfer rate becomes slower, and the competitive 
adsorption becomes more and more obvious [44]. TSBC-600 showed a higher adsorption rate in the 
initial stages of adsorption, indicating that the surface of TSBC-600 has more binding sites. 

  
Figure 7. Fitting curves of the kinetics of TMBC-600 and MBC-600 (a) and TSBC-600 and SBC-600 (b) 
(C0 = 100 mg/L, pH = 7, doageTMBC-600 = 5 g/L and doageTSBC-600 = 4 g/L, 25 °C). 

3.5.5. Analysis of Isothermal Adsorption 

The adsorption isotherm can reflect the affinity of the adsorbate for the adsorbent and can be 
used to describe the interaction between the adsorbate and the adsorbent [45]. The adsorption 
isotherms of Cd2+ solutions after adding biochar with different initial concentrations are shown in 

Figure 6. Effect of different dosage on adsorption of Cd2+ by TMBC-600 and TSBC-600.

Experiments have shown that TSBC-600 has good acid resistance. In the set pH range, TSBC-600
showed a strong removal rate of Cd2+, which might be related to the role of the nitrogen-sulfur
functional groups and cadmium ions. This has important implications for the research on the removal
of cadmium in typical acidic wastewater such as mining wastewater.

3.5.3. Effect of Dosage of Biochar on Cd2+ Adsorption

It can be seen from Figure 6 that as the initial pH of the solution was 7, and the initial c (Cd2+) of
the solution was 10 mg/L, the removal rate of Cd2+ increased with the increase in the two kinds of
biochar. When the dosage of TMBC-600 and TSBC-600 was 5 g/L and 4 g/L, the adsorption of Cd2+

by biochar reached saturation, and the removal rate reached 92.50% and 98.15%, respectively. As the
dosage was increased continuously, the removal rate of Cd2+ did not vary much. This is possibly
because the binding of cadmium ions to the limited adsorption sites on the surface of biochar reaches
saturation when the dosage is small. With the increase in the dosage, the remaining cadmium ions in
the solution bind to the new adsorption sites. Finally, the adsorption reached equilibrium, and further
increase in dosage had little effect on the removal rate.

3.5.4. Analysis of Adsorption Kinetics

The adsorption capacity of Cd2+ by biochar as a function of time is shown in Figure 7. As shown
in Figure 7, the adsorption capacity of TSBC-600, SBC-600, TMBC-600, and MBC-600 all increase with
the increase of the adsorption time, and eventually reach equilibrium. TSBC-600, SBC-600, TMBC-600,
and MBC-600 reached adsorption equilibrium at 240, 960, 360, and 960 min, respectively. In the initial
stage of adsorption, the adsorption efficiency of each biochar is high and it gradually decreases with
the increase in adsorption time. This is because there are more sites on the biochar surface that can
bind to Cd2+ at the beginning of adsorption, and Cd2+ can be quickly adsorbed by the biochar. At this
time, there is no competitive adsorption. As the adsorption time increases, the effective adsorption
sites on the surface of the biochar gradually decrease, and Cd2+ needs to diffuse into the inside of
porous medium. At this time, the mass transfer rate becomes slower, and the competitive adsorption
becomes more and more obvious [44]. TSBC-600 showed a higher adsorption rate in the initial stages
of adsorption, indicating that the surface of TSBC-600 has more binding sites.
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3.5.5. Analysis of Isothermal Adsorption

The adsorption isotherm can reflect the affinity of the adsorbate for the adsorbent and can be used
to describe the interaction between the adsorbate and the adsorbent [45]. The adsorption isotherms
of Cd2+ solutions after adding biochar with different initial concentrations are shown in Figure 8.
The adsorption capacity of TSBC-600, SBC-600, TMBC-600, and MBC-600 all increased with the initial
concentration of Cd2+ and eventually reached equilibrium. At low concentrations of Cd2+, biochar
showed a higher adsorption rate, and then gradually flattened as the concentration increased. It can be
seen from Figure 8 that the adsorption capacity of the four types of biochar is TSBC-600 > SBC-600 >

TMBC-600 > MBC-600, among which TSBC-600 has the strongest adsorption capacity.
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4. Discussion

4.1. Effects of Pyrolysis Temperature, Dosage, and Initial pH on Cd2+ Removal

Biomass pyrolysis is a fairly complex thermochemical reaction process, in which temperature is
a key factor that determines the performance of biochar [46]. The effect of modified biochar prepared at
different pyrolysis temperatures on the removal rate of Cd2+ in aqueous solution is shown in Figure 4.
When the initial concentration of Cd2+ in the solution was 10 mg/L, TMBC and TSBC had a high
removal rate of Cd2+ at 600 ◦C. This is because, as the temperature increases, the moisture and volatile
matter of the biomass is gradually released, and a large number of pore structures are formed on
the biochar surface, the specific surface area increases, and the number of adsorption sites on the
surface increases [47]. The reason for the lower growth may be that the introduction of sulfur and
nitrogen enhances the ability of primary biochar to adsorb Cd2+. At the same pyrolysis temperature,
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the difference in adsorption capacity between TMBC-600 and TSBC is remarkable. This may be because
MB has volatile components up to 81.1% volatile components and its structure is loose. When the
temperature is relatively low, organic solids in MB did not fully decompose and generate abundant
biomass oil [48]. When the temperature was relatively high, the high temperature destroyed the pore
structure of the biochar, which caused the TMBC pore structure to collapse, and the adsorption sites on
the biochar surface decreased [49].

The dosage of adsorbent added is one of the important parameters that determine the adsorption
capacity of the adsorbent for Cd2+. The removal rate of TMBC-600 and TSBC-600 for Cd2+ in aqueous
solution is shown in Figure 6. When the initial Cd2+ concentration of the solution was 10 mg/L,
the dosage of TMBC-600 and TSBC-600 increased from 1 g/L to 10 g/L, and the removal rates of Cd2+

by TMBC and TSBC increased from 70.1% to 94.1% and from 87.8% to 99.0%, respectively. When
the dosage increased to 4 g/L, the increase in removal rate did not vary much, similar results also
appeared during the adsorption of transition metal element by sugarcane biochar and sulfurized
biochar [22,50,51].

The initial pH of the solution is an important factor that affects the adsorption process. Cd-chloride
hydrolysis have resulted in sacrificial dissolution of adsorbent and cannot be ignored, therefore,
the neutralization method was used to minimize the effect of Cd-chloride hydrolysis on adsorption,
so as to ensure that the adsorption of Cd2+ only affected by the initial pH of solution. Changes in pH
can affect the surface charge of the adsorbent and the degree of ionization of the adsorbed cadmium
ions [52]. The effect of initial pH on the adsorption of Cd2+ by modified biochar is shown in Figure 5.
When the initial Cd2+ concentration is 20 mg/L and the amount of modified biochar is 1 g/L, TSBC-600
can still remove 93% of the Cd2+ in the solution at low pH, and TMBC-600 can obtain a removal rate of
approximately 60%. In the same situation, Tang et al. found that the removal rate of Cd2+ by single
amino-modified biochar was only 28%, and the removal rate of Cd2+ by single thiol-modified biochar
was 48% [34]. Li et al. reported that when the dosage of nitrogen-added biochar was 8 g/L, the removal
rate of Cd2+ could reach 98% at pH 4.0 [53]. Compared with single sulfur modification and nitrogen
modification, the thiourea-modified biochar materials examined in this study have a higher tolerance to
pH. The modified biochar mainly achieves the removal of Cd2+ through the specific binding of nitrogen
and sulfur groups with Cd2+ and the non-specific complexation or ion exchange of oxygen-containing
functional groups such as hydroxyl and carboxyl groups on the surface of biochar with Cd2+. When the
content of H+ in the solution increases, a large amount of H+ will dissociate the functional groups that
are beneficial to the adsorption of Cd2+ [54,55], thereby reducing the removal rate of Cd2+. Meanwhile,
H+ preferentially occupies the adsorption sites when competing with Cd2+, causing a decrease in the
number of sites bound to Cd2+. In addition, the lower the pH of the solution, the higher the density of
positive charges on the surface of biochar, and the stronger the mutual electrostatic repulsion between
the positively charged metal cations and the surface of biochar [56–58], which will reduce the removal
rate of Cd2+.

4.2. Adsorption Kinetics of Cd2+ Adsorbed by Biochar before and after Modification

The pseudo-first-order kinetic equation and pseudo-second-order kinetic equation were used
to fit the biochar adsorption kinetic data, and the fitting parameters are shown in Table 2. It can be
seen from Table 2 that the R2 values fitted by the pseudo-second-order kinetic equation are greater
than those fitted by the pseudo-first-order kinetic equation, indicating that the adsorption rate of
biochar are mainly controlled by the chemisorption mechanism, and Cd2+ adsorbed on the surface of
biochar via the interaction with biochar, such as that shared by the electron-electron pairs, ion exchange,
and surface complexation [59]. The adsorption process mainly includes external liquid film diffusion,
surface adsorption, and intra-particle diffusion. The relationship between the equilibrium adsorption
capacity of biochar for Cd2+ is TSBC-600 > SBC-600 > TMBC-600 > MBC-600. The adsorption of
modified biochar was enhanced, indicating the important role of N- and S- containing groups on the
adsorption of Cd2+. Comparing the adsorption rate constant k2 of the four biochars, 0.0184 (TSBC-600)
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> 0.0049 (TMBC-600) > 0.0042 (MBC-600) > 0.0013 (SBC-600), indicating that the adsorption rate
of TSBC-600 is faster, which is consistent with the analysis of k1 in the pseudo-first order kinetic
equation. This demonstrates that the affinity of SB to thiourea is greater than that of MB. In summary,
thiourea-modified biochar can effectively increase the adsorption rate of Cd2+ by biochar.

Table 2. Adsorption kinetic parameters of MBC-600, SBC-600, TMBC-600, and TSBC-600 (C0 = 100
mg/L, pH = 7, doageTMBC-600 = 5 g/L and doageTSBC-600 = 4 g/L, 25 ◦C).

Samples
Pseudo First Order Pseudo Second Order

Qe (mg/g) k1 (1/min) R2 Qe (mg/g) k2 (g/mg/min) R2

TSBC-600 11.65 0.1391 0.88 12.19 0.0184 0.92
SBC-600 5.93 0.0062 0.94 6.63 0.0013 0.97

TMBC-600 4.76 0.0189 0.94 5.20 0.0049 0.98
MBC-600 3.72 0.0124 0.90 4.09 0.0042 0.96

Note: Qm is the maximum adsorption capacity; k1 is the rate constant of the pseudo-first-order kinetic equation; k2
is the rate constant of the pseudo-first-order kinetic equation.

4.3. Isothermal Adsorption Curves before and after Biochar Modification

According to the shape of the isotherms, the isotherms of the four types of biochar can be
designated as type I isotherms as per the BDDT (Brunauer Deming Deming Teller) classification [60].
Therefore, the commonly used Langmuir and Freundlich equations are used for fitting. The detailed
fitting parameters and correlation coefficients are listed in Table 3. By comparing the R2 fit using the
two models, it is found that the Langmuir equation is more suitable than the Freundlich equation.
This indicates that the adsorption of Cd2+ by the four biochars is monolayer adsorption. The functional
groups on the absorbent surface are the main adsorption sites during the adsorption process, and the
process takes place under the electrostatic attraction and hydrogen bonding [61]. There was no
interaction between the homogeneity of the adsorbent surface and adsorption sites. The maximum
adsorption capacity Qm calculated by the Langmuir equation is not significantly different from
the actual adsorption amount qe. The maximum adsorption capacity of each biochar is TSBC-600
(19.998 mg/g) > SBC-600 (9.880 mg/g) > TMBC-600 (9.631 mg/g) > MBC-600 (5.898 mg/g). The adsorption
capacity of thiourea modified TSBC-600 and TMBC-600 increased by 2.02 and 1.63 times, respectively.
The adsorption capacities reported by other different adsorbents varied greatly among previous studies
(Table S1). The adsorption capacity of TSBC-600 and TMBC-600 is nearly five times than biochar
through pyrolysis with thiourea impregnation [15], the reason for this differentiation may be different
activation of raw biochar in one-step co-pyrolysis. Moreover, the different feedstock and modifier
made the variation of different surface characteristics, minerals, and functional groups of biochar.

Table 3. The fitting parameters for isothermal adsorption of MBC-600, SBC-600, TMBC-600,
and TSBC-600 (pH = 7, doageTMBC-600 = 5 g/L and doageTSBC-600 = 4 g/L, 25 ◦C).

Samples
Langmuir Model Freundlich Model

Qm (mg/g) KL (L/mg) R2 KF (L/g) 1/n R2

TSBC-600 19.998 0.026 0.91 4.230 0.233 0.70
SBC-600 9.880 0.050 0.83 3.506 0.158 0.55

TMBC-600 9.631 0.008 0.99 0.652 0.385 0.90
MBC-600 5.898 0.009 0.91 0.417 0.380 0.78

Notes: Qm is the maximum adsorption capacity; KL is the affinity constant of the interaction between the adsorbate
and the adsorbent; Kf is the Freundlich adsorption capacity parameter; n is the empirical parameter of the
adsorption strength.
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For the separation factor RL (RL = 1/(1 + RLC0), when RL > 1, the adsorption is unfavorable; when 0
< RL < 1, the adsorption is favorable; when RL = 1, the adsorption is linear [62]. In the Langmuir model,
the RL of biochar for Cd2+ is between zero and one, indicating that the adsorption behavior of biochar
to Cd2+ is favorable. Similarly, the value of n in the Freundlich model can also confirm this viewpoint.
The value of n is related to the properties of the adsorption material and the adsorption system.
The larger the value of n, the better the adsorption performance of the material. When 0.1 < 1/n < 0.5,
it means that the adsorption is easier to perform; when 1/n > 2, it means that the adsorption is difficult to
carry out [53]. The 1/n values of the four biochars are all in the range of 0.1–0.5, which indicates that the
N and S groups on the surface of the biochar have a higher modification efficiency. This demonstrates
that the full adsorption process is preferential adsorption. The adsorption performance is relatively
good, and the adsorption process is non-linear isothermal adsorption. The adsorption of Cd2+ by the
four biochars is completed by a variety of mechanisms [14,50,63].

5. Conclusions

In this study, an N, S modified biochar was prepared by the co-pyrolysis of thiourea and poplar
bark (SB) or poplar sawdust (MB), and used for the removal of aquatic cadmium ions. The results
showed that the performance of thiourea-modified biochar was stable. The introduction of S and N
optimized the surface structure of biochar, which was beneficial for enhancing the adsorption efficiency
of biochar for Cd2+. The optimal modification temperature of TSBC and TMBC was 600 ◦C, and the
optimal reaction dosage of TSBC-600 and TMBC-600 was 4 g/L and 5 g/L, respectively. The optimal
reaction pH was 7. Langmuir model and the pseudo-second-order kinetic model can explain the
adsorption behavior of TSBC-600 and TMBC-600 with regard to Cd2+. The adsorption behavior of
TSBC-600 and TMBC-600 to Cd2+ was mainly chemical adsorption, which can be attributed to the
surface functional groups. The maximum adsorption capacity of TSBC-600 and TMBC-600 calculated
by the Langmuir model was 19.998 mg/g and 9.631 mg/g, respectively. These results indicated that the
thiourea-modified biochar has strong adsorption capacity and good acid resistance, which is promising
in the remediation of Cd-polluted water.
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N 1s (B1,B2), S 2p (C1,C2) for MBC-600, SBC-600, TMBC-600 and TSBC-600, Table S1: Comparison of metal ion
sorption capacity (mg/g) of different adsorbents.

Author Contributions: Conceptualization, F.C. and H.L.; methodology, F.C.; validation, R.Y., G.H., and F.C.;
formal analysis, Y.Z.; investigation, Y.Z., H.L., R.Y., G.H., and F.C.; resources, Y.Z. and H.L.; writing—original
draft preparation, Y.Z.; writing—review and editing, R.Y., G.H., and F.C.; supervision, F.C.; project administration,
F.C.; funding acquisition, F.C. All authors contributed critical revisions during the editing process. All authors
have read and agreed to the published version of the manuscript.

Funding: This research was funded by the National Natural Science Foundation of China (51974313, 41907405)
and the Natural Science Foundation of Jiangsu Province (BK20180641).

Acknowledgments: The authors would like to thank Mapletrans English Service for providing English language,
grammar, punctuation, and spelling help during the preparation of this manuscript.

Conflicts of Interest: The authors declare no conflicts of interest.

References

1. Jin, Z.; Deng, S.; Wen, Y.; Jin, Y.; Pan, L.; Zhang, Y.; Black, T.; Jones, K.C.; Zhang, H.; Zhang, D. Application of
Simplicillium chinense for Cd and Pb biosorption and enhancing heavy metal phytoremediation of soils.
Sci. Total Environ. 2019, 697, 134148. [CrossRef] [PubMed]

2. World Health Organization. Ten Chemicals of Major Public Health Concern; World Health Organization: Geneva,
Switzerland, 2010; pp. 1–4.

297



Water 2020, 12, 1117

3. Asara, Y.; Marchal, J.; Carrasco, E.; Boulaiz, H.; Solinas, G.; Bandiera, P.; Garcia, M.; Farace, C.; Montella, A.;
Madeddu, R. Cadmium modifies the cell cycle and apoptotic profiles of human breast cancer cells treated
with 5-fluorouracil. Int. J. Mol. Sci. 2013, 14, 16600–16616. [CrossRef] [PubMed]

4. Shen, Z.; Zhang, J.; Hou, D.; Tsang, D.C.; Ok, Y.S.; Alessi, D.S. Synthesis of MgO-coated corncob biochar and
its application in lead stabilization in a soil washing residue. Environ. Int. 2019, 122, 357–362. [CrossRef]
[PubMed]

5. Liu, N.; Huang, X.; Sun, L.; Li, S.; Chen, Y.; Cao, X.; Wang, W.; Dai, J.; Rinnan, R. Screening stably low cadmium
and moderately high micronutrients wheat cultivars under three different agricultural environments of
China. Chemosphere 2020, 241, 125065. [CrossRef] [PubMed]

6. Zeng, S.; Ma, J.; Yang, Y.; Zhang, S.; Liu, G.J.; Chen, F. Spatial assessment of farmland soil pollution and its
potential human health risks in China. Sci. Total Environ. 2019, 687, 642–653. [CrossRef] [PubMed]

7. Feizi, M.; Jalali, M.; Antoniadis, V.; Shaheen, S.M.; Ok, Y.S.; Rinklebe, J. Geo-and nano-materials affect
the mono-metal and competitive sorption of Cd, Cu, Ni, and Zn in a sewage sludge-treated alkaline soil.
J. Hazard. Mater. 2019, 379, 120567. [CrossRef]

8. Li, H.; Xiong, J.; Zhang, G.; Liang, A.; Long, J.; Xiao, T.; Chen, Y.; Zhang, P.; Liao, D.; Lin, L. Enhanced
thallium (I) removal from wastewater using hypochlorite oxidation coupled with magnetite-based biochar
adsorption. Sci. Total Environ. 2020, 698, 134166. [CrossRef]

9. Peng, H.; Gao, P.; Chu, G.; Pan, B.; Peng, J.; Xing, B. Enhanced adsorption of Cu(II) and Cd(II) by phosphoric
acid-modified biochars. Environ. Pollut. 2017, 229, 846–853. [CrossRef]

10. Rajendran, M.; Shi, L.; Wu, C.; Li, W.; An, W.; Liu, Z.; Xue, S. Effect of sulfur and sulfur-iron modified biochar
on cadmium availability and transfer in the soil-rice system. Chemosphere 2019, 222, 314–322. [CrossRef]

11. Li, Y.; Pei, G.; Qiao, X.; Zhu, Y.; Li, H. Remediation of cadmium contaminated water and soil using vinegar
residue biochar. Environ. Sci. Pollut. Res. Int. 2018, 25, 15754–15764. [CrossRef]

12. Yakkala, K.; Yu, M.-R.; Roh, H.; Yang, J.-K.; Chang, Y.-Y. Buffalo weed (Ambrosia trifida L. var. trifida)
biochar for cadmium (II) and lead (II) adsorption in single and mixed system. Desalin. Water Treat. 2013, 51,
7732–7745. [CrossRef]

13. Jing, F.; Chen, C.; Chen, X.; Liu, W.; Wen, X.; Hu, S.; Yang, Z.; Guo, B.; Xu, Y.; Yu, Q. Effects of wheat straw
derived biochar on cadmium availability in a paddy soil and its accumulation in rice. Environ. Pollut. 2019,
257, 113592. [CrossRef] [PubMed]

14. Zhu, L.; Tong, L.; Zhao, N.; Wang, X.; Yang, X.; Lv, Y. Key factors and microscopic mechanisms controlling
adsorption of cadmium by surface oxidized and aminated biochars. J. Hazard. Mater. 2020, 382, 121002.
[CrossRef] [PubMed]

15. Gholami, L.; Rahimi, G.; Khademi Jolgeh Nezhad, A. Effect of thiourea-modified biochar on adsorption
and fractionation of cadmium and lead in contaminated acidic soil. Int. J. Phytoremed. 2019, 22, 468–481.
[CrossRef]

16. O’Connor, D.; Peng, T.; Li, G.; Wang, S.; Duan, L.; Mulder, J.; Cornelissen, G.; Cheng, Z.; Yang, S.; Hou, D.
Sulfur-modified rice husk biochar: A green method for the remediation of mercury contaminated soil. Sci.
Total Environ. 2018, 621, 819–826. [CrossRef]

17. Zhang, Y.; Fan, J.; Fu, M.; Ok, Y.S.; Hou, Y.; Cai, C. Adsorption antagonism and synergy of arsenate(V) and
cadmium(II) onto Fe-modified rice straw biochars. Environ. Geochem. Health 2019, 41, 1755–1766. [CrossRef]

18. Zhang, R.-L.; Xu, J.; Gao, L.; Wang, Z.; Wang, B.; Qin, S.-Y. Performance and Mechanism for Fluoride Removal
in Groundwater with Calcium Modified Biochar from Peanut Shell. Sci. Adv. Mater. 2020, 12, 492–501.
[CrossRef]

19. Li, Z.; Sun, Y.; Yang, Y.; Han, Y.; Wang, T.; Chen, J.; Tsang, D.C. Biochar-supported nanoscale zero-valent
iron as an efficient catalyst for organic degradation in groundwater. J. Hazard. Mater. 2020, 383, 121240.
[CrossRef]

20. Shi, S.; Yang, J.; Liang, S.; Li, M.; Gan, Q.; Xiao, K.; Hu, J. Enhanced Cr (VI) removal from acidic solutions
using biochar modified by Fe3O4@ SiO2-NH2 particles. Sci. Total Environ. 2018, 628, 499–508. [CrossRef]
[PubMed]

21. Ma, Y.; Liu, W.J.; Zhang, N.; Li, Y.S.; Jiang, H.; Sheng, G.P. Polyethylenimine modified biochar adsorbent for
hexavalent chromium removal from the aqueous solution. Bioresour. Technol. 2014, 169, 403–408. [CrossRef]
[PubMed]

298



Water 2020, 12, 1117

22. Park, J.H.; Wang, J.J.; Zhou, B.; Mikhael, J.E.R.; DeLaune, R.D. Removing mercury from aqueous solution
using sulfurized biochar and associated mechanisms. Environ. Pollut. 2019, 244, 627–635. [CrossRef]
[PubMed]

23. Liu, W.J.; Jiang, H.; Yu, H.Q. Development of Biochar-Based Functional Materials: Toward a Sustainable
Platform Carbon Material. Chem. Rev. 2015, 115, 12251–12285. [CrossRef] [PubMed]

24. Leksungnoen, P.; Wisawapipat, W.; Ketrot, D.; Aramrak, S.; Nookabkaew, S.; Rangkadilok, N.; Satayavivad, J.
Biochar and ash derived from silicon-rich rice husk decrease inorganic arsenic species in rice grain.
Sci. Total Environ. 2019, 684, 360–370. [CrossRef] [PubMed]

25. Wei, Y.; Wei, S.; Liu, C.; Chen, T.; Tang, Y.; Ma, J.; Yin, K.; Luo, S. Efficient removal of arsenic from groundwater
using iron oxide nanoneedle array-decorated biochar fibers with high Fe utilization and fast adsorption
kinetics. Water Res. 2019, 167, 115107. [CrossRef] [PubMed]

26. Zhao, D.; Yang, X.; Zhang, H.; Chen, C.; Wang, X. Effect of environmental conditions on Pb (II) adsorption on
β-MnO2. Chem. Eng. J. 2010, 164, 49–55. [CrossRef]
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Abstract: Electroplating sludge is a hazardous waste produced in plating and metallurgical processes
which is commonly disposed of in safety landfills. In this work, electroplating sludge containing
25.6% Fe and 5.5% Co (named S1) and another containing 36.8% Fe and 7.8% Cr (S2) were recycled
for the preparation of erdite-bearing particles via a facile hydrothermal route with only the addition
of Na2S·9H2O. In the sludges, Fe-containing compounds were weakly crystallized and spontaneously
converted to short rod-like erdite particles (SP1) in the presence of Co or long nanorod (SP2) particles
with a diameter of 100 nm and length of 0.5–1.5 µm in the presence of Cr. The two products,
SP1 and SP2, were applied in electroplating wastewater treatment, in which a small portion of
Co in SP1 was released in wastewater, whereas Cr in SP2 was not. Adding 0.3 g/L SP2 resulted
in the removal of 99.7% of Zn, 99.4% of Cu, 37.9% of Ni and 53.3% of Co in the electroplating
wastewater, with residues at concentrations of 0.007, 0.003, 0.33, 0.09 and 0.002 mg/L, respectively.
Thus, the treated electroplating wastewater met the discharge standard for electroplating wastewater
in China. These removal efficiencies were higher than those achieved using powdered activated
carbon, polyaluminum chloride, polyferric sulfate or pure Na2S·9H2O reagent. With the method,
waste electroplating sludge was recycled as nanorod erdite-bearing particles which showed superior
efficiency in electroplating wastewater treatment.

Keywords: electroplating sludge; hydrothermal process; heavy metal; electroplating wastewater;
upcycling

1. Introduction

Electroplating is a basic process in the machine manufacturing industry and uses various heavy
metals to protect plating pieces [1–4]. High volumes of electroplating wastewater are generated, which is
an extremely hazardous type of wastewater containing multiple heavy metals [5]. Electroplating
wastewater can be categorized into acidic or alkaline wastewater in accordance with the electroplating
technology used. Acidic wastewater is easily treated through pH adjustment and coagulation,
which transfer heavy metals from wastewater to sludges [2,3]. By contrast, alkaline wastewater
comprises complex agents, such as citric acid, ethylene diamine tetra-acetic acid (EDTA) and tartaric
acid [6,7], which react with heavy metals to form heavy metal–organic complexes. Thus, heavy metals
cannot be hydrolyzed even after adjusting wastewater pH to values above 12. Therefore, heavy
metals are difficult to precipitate in alkaline wastewater through pH adjustment and are commonly
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treated using time-consuming processes, including pH adjustment, cationic exchange, extraction
and/or precipitation with special agents [8–12]. Although the amount of heavy metals detected from
the effluents of an electroplating workplace is usually low [10,13], heavy metals should be further
removed until the discharge standard for electroplating wastewater is met.

The removal of heavy metals from alkaline electroplating wastewater generally involves two
methods [14–21]. One is the decomposition of organic complex reagents by the Fenton reaction and/or
wet oxidation [15–17]. For instance, Shin et al. [15] investigated the removal of a citrate–Ni complex in
alkaline electroplating wastewater and found that, after the wastewater was adjusted to pH 3, 95%
citrate removal was achieved by Fenton oxidation with the addition of 20 mM Fe2+ and 1080 mM
H2O2, and subsequently 99.9% of Ni precipitation occurred when the wastewater was adjusted back to
pH 10. Yong et al. also reported that more than 90% of Cu was precipitated after the decomposition
of complex gluconic acid in a micro-electrolysis system [17]. Similarly, the derivatives of gluconic
acid in the molasses-based distillery wastewater were effectively broken down by wet oxidation
at a temperature above 150 ◦C [16]. Another method is the removal of heavy metals by adding
special agents and/or functionalized resin [18–21]. For example, Li et al. [18] found that at a sodium
diethyldithiocarbamate/Cu molar ratio of 1, approximately 99.6% of complex Cu (with EDTA as the
coordination agent) is trapped by sodium diethyldithiocarbamate and precipitates during coagulation
after the addition of polyferric sulfate and polyacrylamide. A few aminopolycarboxylic acids, such as
iminodiacetic acid, nitrilotriacetic acid, and diethylenetriaminepentaacetic acid, include the necessary
functionalized groups (e.g., carboxyl and amino) to chelate heavy metals [19]. Such organics were
also grifted on the resin surface to considerably improve its affinity for heavy metals recycling from
electroplating wastewater [20,21]. Although these methods can efficiently remove heavy metals from
alkaline wastewater, they require expensive agents and complicated devices. Thus, their applications
are limited. By contrast, adsorption is a low-cost process and has a simple operating method.
Many adsorbents, such as natural minerals, carbon materials and artificial composites, exhibit a variety
of surface groups (such as –OH and –COOH) to adsorb free heavy metals. These surface groups
show relatively low affinity to heavy metals compared with complex agents and have low removal
efficiencies in alkaline electroplating wastewater treatment [22]. Therefore, a novel adsorbent that can
remove complex heavy metals should be urgently developed.

The resource reutilization of electroplating sludge for the preparation of novel adsorbents for
electroplating wastewater treatment is a green route involving the “waste to treat wastewater” approach.
This type of sludge is composed of heavy metals, precipitant reagent and hydrolyzed flocculant [23–25].
Fe/Al oxyhydroxide from hydrolyzed flocculants are usually used to adsorb free heavy metals in
the absence of complex agents [24,25]. However, the reutilization of heavy metal-bearing sludges in
alkaline electroplating wastewater has not yet been reported.

The aim of this study is to recycle Co/Cr-bearing sludge for the preparation of a novel erdite
material that can be used in the advanced treatment of electroplating wastewater effluent. In contrast
to conventional adsorbents, the novel erdite material can be spontaneously hydrolyzed in neutral
solutions, thereby generating Fe/S-bearing oxyhydroxide with plenty of –SH groups for heavy-metal
coordination. The release of Co and Cr in the prepared erdite materials was investigated during
wastewater treatment.

2. Materials and Methods

2.1. Electroplating Sludge Pre-Treatment

The Co-bearing sludge, denoted as S1, was precipitated from the wastewater of a rolling-anode
plant (Sanhe company, Changchun, China). The wastewater was first treated with a resin filter
(CH-90, Kaiping company, Shanghai, China) to recycle Co, and then coagulated with the addition
of polyferric sulfate and polyacrylamide. A yellowish precipitate was generated after coagulation
treatment and pumped to a plate and frame filter (XAMY6/450-30U, Runnan company, Shanghai, China)
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to perform mechanical dewatering. Thus, the yellowish cake of S1 was generated and stored in the
northwestern corner of the waste yard before transport and landfilling. The Cr-bearing sludge, named
S2, was generated from the wastewater of the electroplating workshop (Sanhe company, Changchun,
China). For Cr recovery, a resin filter (RS10, Kaiping company, Shanghai, China) was also employed to
treat the wastewater, and then the effluent was further treated with the coagulation and dewatering
process with the abovementioned procedures. The generated Cr-bearing sludge cake was placed at the
south side of the waste yard.

The two sludges, S1 and S2, were vacuum-dried at 50 ◦C overnight and ground to pass through
a 1 mm mesh. The powder of each sludge was analyzed by X-ray fluorescence (XRF, S4-Explorer,
Bruker, Karlsruhe, Germany); only the diffraction intensity of metallic elements was recorded, except
for the nonmetal elements C, H and O. For S1, the percentage of total metallic elements was about
36.31%, whilst the residual in S1 was affiliated with the coordinated groups (e.g., oxide/oxyhydroxide,
sulfate and chloride) and the added polymeric flocculant. S2 showed a similar composition to S1,
and the major elements are summarized in Table 1. S1 contains 25.6% Fe and 5.5% Co, demonstrating
that S1 is a Fe/Co-rich sludge, whereas S2 is a Fe/Cr-rich sludge with 36.8% Fe and 7.8% Cr.

Table 1. Sludge composition.

Element
Relative Weight Percentage (wt.%)

S1 S2

Fe 25.6 36.8
Cr 0.06 7.8
Co 5.5 0.04
Ca 0.5 1.3
Si 0.9 1.1
Al 2.05 2.78
Na 1.7 1.4

2.2. Hydrothermal Conversion of Sludge

S1 and S2 were hydrothermally treated in accordance with our previous method [26,27] with the
replacement of NaOH by Na2S. In brief, S1 (1 g), Na2S·9H2O (2.4 g) and deionized water (30 mL) were
mixed in a 50 mL Teflon vessel. Then, the vessel was sealed and heated at 180 ◦C for 10 h in a drying
oven (DHG-9037A, Jinghong company, Shanghai, China) and water-cooled to below 25 ◦C. Finally,
the blackish particles at the vessel bottom were collected, freeze-dried at −80 ◦C in a freeze dryer
(FDU-2110, EYELA, Tokyo, Japan) overnight and denoted as SP1. SP2 was hydrothermally treated in
accordance with the abovementioned steps, and the obtained product was named SP2.

2.3. Heavy Metal Release

In the Sanhe company, heavy-metal-bearing wastewaters were mixed in a storage tank to generated
a comprehensive electroplating wastewater, in which Zn, Cu, Ni, Co and Cr values were 711.5, 36.8,
131.2, 2.7 and 0.9 mg/L. The comprehensive electroplating wastewater was alkaline at pH 13.5,
and adjusted to pH 7–7.5 by adding hydrochloric acid (9.8 M, Binghai chemical Group, Jinhua, China),
in accordance with the optimal pH range of the resin filter (KP752, Kaiping company, Shanghai, China)
operation. The wastewater was then treated with resin (KP752, Kaiping company, Shanghai, China)
for the recycling of heavy metals and precipitated with polyferric sulfate. After treatment, the pH
of the electroplating wastewater effluent was 7.3, and the concentrations of Zn, Cu, Ni, Co and Cr
were 3.03, 0.51, 0.56, 0.19 and 0.003 mg/L, respectively. In the effluent, the concentrations of Zn, Cu
and Ni exceeded the emission standard of pollutants for electroplating in China (GB21900-2008).
Thus, the effluent needed to be further treated before discharge.

In total, 0.8 g/L of SP1 and SP2 adsorbents were added to 100 mL of electroplating wastewater,
and the mixture was magnetically stirred at 90 rpm for 2 h; then, SP1 and SP2 were collected and
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freeze-dried after the reaction. The dried SP1 and SP2 were respectively put into 50 mL deionized
water until the concentration was 0.3 g/L and stirred magnetically for 24 h. Then, the concentration of
heavy metals in the supernatant was determined by an inductively coupled plasma optical emission
spectrometer (ICP-OES, AVIO-200, PerkinElmer, Waltham, MA, USA).

2.4. Electroplating Wastewater Treatment

The effluent was treated by placing SP1 in 50 mL of effluent until the SP1 concentration was
0.05 g/L. The mixture was magnetically stirred at 90 rpm for 2 h, and SP1 was separated by centrifuging
at 6000 rpm for 5 min. Subsequently, the supernatant was collected, and the residual heavy metals
in the supernatant were determined. According to the aforementioned steps, heavy metal removal
was optimized by varying the SP1 dosage from 0.05 g/L to 0.8 g/L. Then, the dosage of SP2 on
the effluent treatment was also investigated according to the abovementioned steps. Powdered
activated carbon is a commercial adsorbent and is used in mass production in the project-scale
advanced treatment of electroplating wastewater [28,29]; thus, it was targeted as the control in the
experiment. After that, several common chemical reagents and the raw sludge were used to treat the
electroplating wastewater, including polyaluminum chloride (PAC) [30], polyferric sulfate (PFS) [31]
and Na2S·9H2O [32]. The experimental conditions are similar to the above, but the dose of the chemical
reagent was 0.8 g/L, and the mixture was magnetically stirred at 90 rpm for 2 h.

2.5. Kinetic Experiment

A dose of 0.05 g/L SP2 was added to 50 mL electroplating wastewater, and the mixture was
magnetically stirred at 90 rpm. The heavy metal concentration in the supernatant was measured at
0.25 h, 0.5 h, 1 h, 1.5 h and 2 h, respectively.

2.6. Adsorbent Regeneration

Adsorbent regeneration was carried out by treating with 15% NaCl of pH 5 for 48 h or calcining
at 450 ◦C for 2 h. The adsorbent after regeneration treatment was put into 50 mL electroplating
wastewater with a dose of 0.8 g/L and a reaction time of 2 h. After the reaction, the residual heavy
metal concentration in the supernatant was measured.

2.7. Zeta Potential Measurement

In total, 0.5 g/L of SP2 was added to deionized water at pH 5 and magnetic stirring was performed,
and the zeta potential of SP2 was measured by a zeta potential analyzer (Zetasizer Nano ZSP, Malvern,
UK) at 30 min, 60 min, 180 min and 300 min, respectively.

2.8. Characterisation

The conversion mechanism was explained by characterizing the sludge and products by
scanning electron microscopy (SEM, JSM-6400, Jeol, Tokyo, Japan), X-ray diffraction (XRD, Rint2200,
Rigaku Corporation, Tokyo, Japan) and X-ray photoelectron spectroscopy (XPS, ADES-400, VG
Scientific, Birmingham, Britain).

3. Results and Discussion

3.1. Conversion of the Two Types of Sludge to Erdite-Bearing Particles

The morphology and compositions of the sludges are shown in Figures 1 and 2. S1 was an irregular
block (Figure 1a) and did not show the obvious peaks of Fe/Co-bearing compounds (Figure 2, S1).
The Fe/Co-bearing compounds in S1 exhibited weakly crystallized forms. S2 showed fine particles
(Figure 1b), and its XRD patterns were similar to those of S1 (Figure 2, S2) and corresponded to weakly
crystallized Fe/Cr-bearing compounds. After hydrothermal treatment, SP1 synthesized using S1 as
raw sludge was characterized by short rod-like particles (Figure 1c), with obvious peaks of erdite and
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sulfur (Figure 2, SP1). In comparison with SP1, SP2 from S2 showed long nanorods with diameters of
100 nm and lengths of 0.5–1.5 µm (Figure 1d). These products corresponded to the sharp peaks of
erdite in the curve of SP2 (Figure 2, SP2). These findings demonstrated that Fe was involved in the
formation of amorphous Fe-bearing compounds in S1 and S2. These Fe-bearing compounds were
converted to well-crystallized erdite particles, which were short in SP1 and lengthened in SP2.

Figure 1. Scanning electron microscope (SEM) images of (a) S1, (b) S2, (c) SP1 and (d) SP2.

Figure 2. X-ray diffraction (XRD) patterns of S1, S2, SP1 and SP2.

The two types of sludge and the prepared SPs (SP1 and SP2) were further characterized by XPS.
The Fe 2p spectra of S1 and S2 showed that the indicative peak at the binding energy of 710.5 eV
(Figure 3a, S1 and S2) corresponded to Fe3+ in the Fe–O bond and was similar to that in ferrihydrite [33].
After the hydrothermal process, SP1 showed a new peak at the binding energy of 707.8 eV (Figure 3a,
SP1). The peak belongs to Fe3+ in the Fe–S bond, in accordance with erdite formation. Compared with
SP1, SP2 showed an intensified peak of Fe3+ in Fe–S bond (Figure 3a, SP2), in agreement with the long
rod-sharped erdite. For the S 2p spectra, SP1 and SP2 showed the four major peaks at binding energies
of 160.4, 161.3, 163.2 and 167.4 (Figure 3b) corresponding to the S in the Fe–S bond of the (FeS2)n

n−
structure, and S2−, sulfur and S in sulfate, respectively. In the Co 2p spectra, a major peak at 782.1
eV with a satellite peak was observed at the curve of S1 (Figure 3c, S1). The peak was related to the
Co–O bond [34]. After hydrothermal treatment, new peaks related to Co in the Co–S bond appeared in
SP1 at 778.6 eV (Figure 3c, SP1) [34], indicating the involvement of Co in CoS and/or CoS2 after the
addition of Na2S. In the Cr 2p spectra, S2 exhibited two major peaks at 577.3 and 579.8 eV (Figure 3d,
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S2). The peaks were attributed to the Cr(III) and Cr(VI) [35], respectively. However, the peak of Cr(VI)
disappeared during the hydrothermal process, and only the peak of Cr(III) remained in SP2 (Figure 3d,
SP2), indicating the reduction of Cr(VI) to Cr(III) by Na2S·9H2O.

Figure 3. High resolution (a) Fe 2p, (b) S 2p, (c) Co 2p and (d) Cr 2p X-ray photoelectron spectroscopy
(XPS) curves of S1, S2, SP1 and SP2.

Fe-bearing compounds were rich in S1 and S2 and converted into erdite in four steps. Firstly,
the added Na2S was hydrolyzed to release OH− and HS− to the solution, increasing the solution pH to
above 13.6. Thus, many OH− ions in the solution attacked the surface Fe at the Fe-bearing mineral
and generated Fe(OH)4

− (Equation (1)) in the solution [36]. This result indicated the presence of
residual Fe (approximately 15 mg/L) in the solution after the hydrothermal process (Figure 4). Secondly,
a replacement reaction between free HS− and the hydroxyl group of Fe(OH)4

− occurred, thereby
generating Fe(OH)3HS− (Equation (2)), followed by the conjunction reaction between two adjacent
Fe(OH)3HS− compounds. Thus, Fe2S2(OH)4

2− was generated with the dewatering of two water
molecules (Equation (3)) [37]. Finally, the conjunction reaction continued in the presence of sufficient
Fe(OH)4

− to form the final product (FeS2)n
n−. Na+ neutralized the free charge of (FeS2)n

n−, and free
water molecules occupied the free channels in the structure of (FeS2)n

n−, resulting in erdite nanorod
formation. Cr(VI) was reduced by free HS- in SP2, thereby generating Cr(III) with the generation
of OH−. This reaction employed plenty of OH− during the Fe(OH)4

− formation, thereby increasing
the length of the erdite nanorods in SP2. Conversely, the reaction between Co and HS− in SP2 also
occurred without OH− generation, the contribution of which in erdite formation was negligible.
During the hydrothermal process, Si/Al-bearing compounds were dissolved [38], thereby forming
Si(OH)4 and Al(OH)4

− in accordance with the high concentration of Si/Al in the supernatant (Figure 4).
The dissolved Si/Al was not involved in erdite formation.

Fe(OH)3 + OH− → Fe(OH)−4 (1)

Fe(OH)−4 + HS− → Fe(OH)3HS− + OH− (2)

2Fe(OH)3HS− → 2H2O + (Fe2S2(OH)4)
2− (3)
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Figure 4. Concentrations of heavy metals in the supernatant after the hydrothermal process.

3.2. Adsorption of Cu, Zn, Ni and Co from Electroplating Wastewater Effluent

In order to study the adsorption stability of SP1 and SP2, the release of heavy metals in used
SP1/SP2 after electroplating wastewater treatment was investigated. After stirring at 90 rpm for 24 h,
Co was apparently released from used SP1, and its concentration was close to 0.7 mg/L, whist only
0.003 mg/L Co was released from used SP2. Other heavy metals—e.g., Zn, Cu, Ni and Cr—were
at a level lower than 0.01 mg/L (Figure 5). This demonstrated that the used SP2 showed a stable
adsorption performance in the electroplating wastewater treatment.

Figure 5. Heavy metals released from SP1/SP2 after electroplating wastewater treatment.

The electroplating wastewater contained 3.03 mg/L Zn, 0.51 mg/L Cu, 0.56 mg/L Ni and 0.19 mg/L
Co. The first three heavy metals needed to be treated further because their concentrations exceeded the
discharge standard for electroplating wastewater in China (GB21900-2008), and the concentration of
Co met the discharge standard. The prepared adsorbents, SP1 and SP2, were employed to remove the
first three heavy metals form electroplating wastewater, with powdered activated carbon as reference.
At a dose of 0.05 g/L, the removal efficiency of Zn was 77.8% for SP2, 69.1% for SP1 and 29.1% for
powdered activated carbon (Figure 6a). SP2 showed a high Zn removal efficiency in comparison
with SP1 due to the formation of a well crystallized erdite nanorod in SP2. The mechanism for heavy
metals removal by the erdite nanorod will be detailed in the next section. With the dosage increased
from 0.05 to 0.3 g/L, the removal efficiency of Zn was elevated to nearly 100% for both SP1 and SP2,
but only to 56.5% for powdered activated carbon (Figure 6a). In addition, a comparison experiment
between SP2 and other materials were also performed, and their effects on Zn removal were sorted
in the following order: SP2 > polyaluminum chloride (PAC) > Na2S·9H2O > Polymeric ferric sulfate
(PFS) > S2 > S1. As mentioned in Section 1, Zn was complexed with organic reagents (e.g., citric
acid, EDTA and tartaric acid) in the alkaline electroplating process, and thus was not spontaneously
precipitated in the generated alkaline wastewater. For the advanced treatment of electroplating
wastewater, powdered activated carbon was widely used because it has plenty of surface functional
groups; e.g., –COOH, –C=O and –OH, for Zn coordination. However, it showed a low Zn removal
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efficiency (<64.7%), even though its dosage was increased to 0.8 g/L, in comparison with SP1 and
SP2 (Figure 6a). This demonstrated that these surface groups on powdered activated carbon had
a normal affinity to adsorbing Zn in comparison with the complexed organic reagents in wastewater.
Ibrado et al. reported that the adsorption capacity of Zn on coconut-derived carbon was nearly 5 mg/g,
but this decreased rapidly to 1.7 mg/g in the presence of cyano due to the formation of cyano complexes
of Zn [39]. Therefore, the residual Zn was stable in the Zn-complex ligands and did not react with the
surface groups of powdered activated carbon [40]. In electroplating wastewater treatment, PAC and
PFS were common coagulants, and spontaneously hydrolysed to generate Al/Fe-bearing flocs. The raw
sludge, S1 and S2, was rich in weakly crystallized Fe oxyhydroxides. Such Al/Fe-bearing flocs and Fe
oxyhydroxides contained abundant of surface hydroxyl groups, similar to powdered activated carbon,
for heavy metals adsorption [41]. In addition, Na2S·9H2O was an industrial chemical, and decomposed
to HS− in water, followed by reacting with free Zn to form ZnS precipitate [42], which was in accordance
with the removal efficiency of 52.7% for Zn. In summary, the surface functional groups on powdered
activated carbon, hydrolysed PAC and PFS, S1 and S2, along with free HS− from Na2S, were not
particularly efficient in the removal of Zn from electroplating wastewater.

In the electroplating wastewater, Cu was at a low level in comparison with Zn, and was removed
at a rate of nearly 100% with the addition of SP1 and SP2 at the dosage of 0.3 g/L. However, only
25.5% Cu removal was achieved by powdered activated carbon in the presence of chelating organics in
wastewater (Figure 6b). Chu et al. employed coal-based carbon for Cu-bearing wastewater treatment
and found that by adding EDTA at the MEDTA/MCu ratio of 10, the Cu removal efficiency dropped
dramatically from 83.7% to 16.5% [43]. The abovementioned materials—e.g., PAC, PFS, Na2S·9H2O, S2
and S1—were also employed for Cu removal, showing similar values to those achieved for Zn removal.
The atomic radius of Cu is 1.28 pm, which is close to that of Zn (1.39 pm), and thus Cu showed similar
complex performance and removal efficiency to that of Zn in wastewater.

Although Ni was at a low level in wastewater—similar to Cu—its removal efficiency was
apparently lower than that of Cu. As shown in Figure 6c, at the maximum dosage of 0.8 g/L,
the removal efficiency of Ni was 49.6% for SP2, 44.3% for SP1 and 27.4% for powdered activated carbon.
In the comparison experiment, the removal efficiency of Ni was ranked as follows: SP2 > PFS > PAC >

Na2S·9H2O > S2 > S1. Compared with Cu and Zn, Ni has a smaller atomic radius (1.24 pm) and easily
reacts with chelating organics to form more stable Ni-complexed ligands. For instance, in citric acid,
the stability constant of Ni in citric acid is logKNi

NiH3A 1.75, which is higher than that of Zn (1.25) [44].
In terms of Ni removal efficiency, Na2S·9H2O only achieved 7.5%, which was lower than that of PAC
and PFS and close to that of S1 and S2. This is because NiS was metastable in aqueous solution and
easily converted to an Ni2S3 and Ni-S-bearing mixture to redissolve in wastewater [45]. S1 and S2
showed low removal efficiencies for Ni in comparison with PAC and PFS due to the inadequacy of
surface hydrogen groups.

The Co concentration was less than 0.5 mg/L, which met the discharge standard. Approximately
60% of Co was removed by adding SP2, which is higher than the value for powdered activated
carbon (nearly 20%) (Figure 6d). However, by adding 0.8 g/L SP1, the Co concentration in the treated
wastewater was 0.77 mg/L (Figure 6e), which was apparently higher than that in the raw wastewater
(0.19 mg/L), suggesting the release of Co from SP1 to wastewater, probably from the dissolution of CoS
and/or CoS2. Thus, SP1 was not an ideal adsorbent for the effluent treatment. The abovementioned
materials were also used for Co removal, as shown in Figure 6f, and showed a similar value as Ni due
to the similar radius and chelating performance of Co and Ni [44].
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Figure 6. Application of SP1 and SP2 in electroplating wastewater treatment. (a–d) represent the removal
efficiencies of Zn, Cu, Ni and Co, respectively, by SP1 and SP2, whilst (e) shows the concentration of Co
in the supernatant with the addition of SP1; (f) shows the removal of heavy metals by adding SP2 in
comparison with polyaluminum chloride (PAC), polyferric sulfate (PFS), the raw sludge S1 and S2 and
Na2S·9H2O of chemically pure grade.

In comparison with the abovementioned materials, SP2 exhibited desirable removal efficiencies
of Zn, Cu, Ni and Co. By adding 0.3 g/L SP2, the residual concentrations of Zn, Cu, Ni, Co and Cr
in the wastewater were 0.007, 0.003, 0.33, 0.09 and 0.002 mg/L, respectively, which met the discharge
standard [13]. This demonstrated that SP2 was an efficient reagent in smelting wastewater treatment.

The kinetic experiment of SP2 was investigated as shown in Figure 7, and the adsorption of heavy
metal on SP2 was simulated using a pseudo-second-order model (Equation (4)). The kinetic model
was expressed as follows:

qt =
kq2

e t
1 + kqet

(4)

where qe and qt are the adsorption capacity (mg/g) of the heavy metal at equilibrium and at any time, t,
respectively; and k is the pseudo-second-order adsorption rate constant (g/mg h).

Figure 7. Non-linear plots of the pseudo-second-order model for the adsorption of Zn/Cu on SP2.
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The adsorption data of Zn, Cu, Ni and Co on SP2 fitted well with the pseudo-second-order model
(Figure 7) with correlation coefficients (R2) of 0.995, 0.997, 0.991 and 0.989, respectively. This finding
indicates the importance of heavy metals chemisorption on SP2. However, the calculated qe values
were in the following order: Zn > Cu > Ni > Co. The value of Zn was 3.03 mg/L in the electroplating
wastewater, which was about six times the value of Cu and Ni, and thus showed the highest qt.
In comparison with Cu, Ni and Co have small ionic radii and are easily complexed with organics
(e.g., ethylene diamine tetra-acetic acid) to form a stable complex product [6], resulting in a low qt in
comparison with Cu.

The used SP2 was regenerated with 15% NaCl solution at pH 5 for 48 h or calcinated at 450 ◦C
for 2 h. The results showed that SP2 was regenerated easily using NaCl solution as the desorption
agent. However, the removal efficiency of Zn, Cu, Ni and Co was dramatically decreased to 33.2%,
27.5%, 11.3% and 18.6% (Figure 8). After being calcinated at 450 ◦C, the regenerated SP2 also showed
a similar low removal efficiency of heavy metals. This indicated that SP2 cannot feasibly be reused.

Figure 8. Reuse of the precipitate of hydrolyzed SP2 for electroplating wastewater treatment. In the
figure, Methods 1 and 2 represent NaCl solution elution and high-temperature calcination, respectively.

The zeta potential measurement of SP2 showed that SP2 had a negative charge on the surface
after hydrolysis (Figure 9), which showed a strong adsorption capacity for positively charged heavy
metals. In addition, SP2 can compete with chelates for binding heavy metals and then remove heavy
metals from wastewater.

Figure 9. Zeta potential of SP2 in deionized water.

3.3. SP1 and SP2 Characterisation after Electroplating Wastewater Treatment

SP1 and SP2 were collected after wastewater effluent treatment and characterized by SEM, XRD
and XPS, and the removal mechanism of heavy metals was investigated. The used SP1 and SP2 were
irregular aggregates (Figure 10a,b); the peaks of erdite disappeared, and only peaks of element sulfur
remained (Figure 11). Thus, erdite was spontaneously hydrolyzed. SP1 and SP2 spectra showed that
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the peaks of Fe3+ in the Fe–S bond of erdite were absent; instead, a new peak with a binding energy
of 710.2 eV appeared (Figure 12), corresponding to the Fe2+ generated from the redox reaction of
Fe3+–S [46]. The typical peak of structural S in erdite also disappeared, and the peaks of S2− and S were
recorded in the curve of SP1 and SP2, in agreement with erdite hydrolysis (Figure 12). In addition,
the peaks of Co and Cr did not change obviously in SP1 and SP2, respectively, indicating that Co/Cr
oxidation did not occur (Figure 13).

Figure 10. SEM images of (a) SP1 and (b) SP2 after smelting wastewater treatment.

Figure 11. XRD patterns of SP1 and SP2 after electroplating wastewater treatment.

Figure 12. High resolution (a) Fe 2p, (b) S 2p XPS spectrum of SP1 and SP2 after smelting wastewater
treatment.
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Figure 13. High resolution (a) Co 2p, (b) Cr 2p XPS spectrum of SP1 and SP2 after smelting
wastewater treatment.

In the electroplating wastewater effluent, the residual heavy metals included Zn, Cu, Ni and
Co and were chelated with organic matters, such as nitrilotriacetic acid and citric acid [6,7]; as such,
they did not precipitate even at an effluent pH of >7.3. When the prepared SPs were introduced to the
effluent, erdite was rich in SPs and spontaneously hydrolyzed and generated various Fe/S-bearing
complexes and clusters, such as =Fe(SH)2, =Fe(OH)(SH) and =Fe(SH)+ [47]. These products, which are
metastable, were further converted to Fe/S-bearing oxyhydroxide (such as =Fe–SH and =Fe–OH)
through the homolytic cleavage of Fe–S–Fe bonds [48] after the release of OH− and HS− to the
effluent (Figure 14). This phenomenon corresponds to the increase in the treated effluent pH
from 7.3 to 8.6. During erdite hydrolysis, a redox reaction between surface Fe3+ and the adjacent
free SH− occurred [47], and thus surface-associated Fe2+, which stabilized the new Fe/S-bearing
oxyhydroxide, was generated. Surface functional groups (Fe–SH and Fe–OH) are rich in new
Fe/S-bearing oxyhydroxide, and H+ ions on their sides were dissociated with vacuum surface sites
(Fe–S− and Fe–O−) under alkaline conditions [26]. The adjacent vacuum sites exhibited high affinity to
complex Cu and Zn (Figure 14) and competed with chelates, such as EDTA [49], leading to nearly 100%
removal of Cu and Zn from the wastewater. However, Ni and Co have small ionic radii and easily react
with complex agents to form stable complex products with high stability constants [6]; these products
only break with difficulty in the presence of HS− and hydrolyzed Fe/S-bearing oxyhydroxide, leading
to the production of residual Co and Ni in treated effluents. Polyaluminum chloride and polyferric
sulfate were hydrolyzed and formed Al/Fe flocs, exhibiting plenty of hydroxyl groups for heavy metal
coordination; however, they showed low Zn, Cu, Ni and Co removal efficiencies (Figure 6f) given
the absence of an –SH bond on the surface of the hydrolyzed Fe/Al flocs. In addition, the released
HS- from the hydrolyzed erdite can react with heavy metals, such as Zn and Cu, to form S-bearing
precipitates; however, they play a minor role in heavy metal removal. For instance, with the addition
of Na2S, approximately 50% of Zn and Cu was removed, whereas lower than 10% of Ni and Co was
removed (Figure 6f). Thus, the role of HS− in the removal of heavy metals is minimal. The Fe/S-bearing
oxyhydroxide of hydrolyzed erdite plays a key role in the removal of residual heavy metals.
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Figure 14. Illustration graph of SP2 for heavy metals removal from electroplating wastewater.

4. Conclusions

Two types of electroplating sludge, namely S1 with 25.6% Fe and 5.5% Co and S2 with
36.8% Fe and 7.8% Cr, were recycled as erdite-bearing particles for the advanced treatment of
electroplating wastewater effluent. The weakly crystallized Fe-bearing minerals were rich in sludge
and hydrothermally converted to well-crystallized erdite particles through the addition of Na2S. In S1,
Co was involved in CoS and/or CoS2 formation, and the corresponding product SP1 was characterized
by short rod-like particles. However, Cr had two valance states in S2, namely Cr(VI) and Cr(III). Cr(VI)
was reduced to Cr(III) by Na2S, and abundant OH− was generated, which steadily promoted the
conversion of Fe-bearing minerals to erdite. Consequently, the lengths of the erdite nanorods increased,
and the corresponding product SP2 was characterized by long nanorods with a diameter of 100 nm
and length of 0.5−1.5 µm.

When SP1 was added to the electroplating wastewater effluent, a fraction of Co was released
to the effluent, and Zn and Cu were removed efficiently. Compared with SP1, SP2 showed ideal Zn,
Cu, Ni and Co removal efficiencies without releasing Co and Cr. When the SP2 dosage was 0.3 g/L,
100% Zn and Cu removal efficiencies were nearly achieved, and 37.9% Ni and 53.3% Co removal
efficiencies were observed—higher than those of powdered activated carbon, polyaluminum chloride,
polyferric sulfate and Na2S. After treatment, the concentrations of Zn, Cu, Ni and Co met the emission
standard, and the treated effluent was dischargeable. Through the proposed method, the Cr-bearing
electroplating sludge was recycled as erdite nanorod particles, and the product was efficient in the
advanced treatment of electroplating wastewater.
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Abstract: Bisphenol A (BPA) is an extensively produced and consumed chemical in the world. Due to
its widespread use, contamination by this pollutant has increased in recent years, reaching a critical
environmental point. This work investigates the feasibility of bisphenol A adsorption from industrial
wastewater solutions, testing the reduction of bisphenol A in synthetic solutions by a commercial
activated carbon, AC-40, in batch mode. Besides, mixtures of bisphenol A and different heavy metal
cations were also studied. So far, no works have reported a complete study about bisphenol A removal
by this activated carbon including the use of this material to remove BPA in the presence of metal
cations. First, adsorption experiments were performed in batch changing pH, dose of adsorbent,
initial bisphenol A concentration and contact time. Results showed greater retention of bisphenol A
by increasing the acidity of the medium. Further, the percentage of bisphenol A adsorbed increased
with increasing contact time. The selected conditions for the rest of the experiments were pH 5
and a contact time of 48 h. In addition, an increase in retention of bisphenol A when the dose of
adsorbent increased was observed. Then, specific experiments were carried out to define the kinetics
and the adsorption isotherm. Equilibrium data were adequately fitted to a Langmuir isotherm and
the kinetics data fitted well to the pseudo-second-order model. The maximum adsorption capacity
provided by Langmuir model was 94.34 mg/g. Finally, the effect of the presence of other heavy metals
in water solution on the adsorption of bisphenol A was analyzed. Binary tests revealed competition
between the adsorbates and a significant selectivity toward bisphenol A. Finally, the study of the
adsorption performance in three consecutive adsorption–desorption cycles showed efficiencies higher
than 90% in all cycles, indicating that the activated carbon has good reusability.

Keywords: activated carbon; adsorption; bisphenol A; equilibrium; heavy metals

1. Introduction

Bisphenol A (BPA) is recognized as a dangerous endocrine disruptor. It causes a number of
hazardous effects on living beings such as fertility damage and fetal development problems [1–3].
It has been extensively used as a crude material in the industrial production of epoxy resins and
polycarbonate plastics, which accounted for nearly 64% of BPA demand in 2018. These polycarbonate
resins are mainly consumed in the electronics, construction and automotive industries. In terms
of country distribution, high demand is concentrated in emerging consumers such as China, India,
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Southeast Asia and Brazil. China is the largest player in the BPA industry, accounting for half of BPA’s
global consumption. Western Europe and the United States are the other important players in the BPA
market [4].

As a consequence, concentrations of BPA are present both in surface waters as well as industrial
wastewaters [5–7]. For all those reasons, novelty alternatives have been proposed for its removal from
wastewater during recent years [8]. BPA is present in various types of water at different concentrations.
For instance, it has a concentration of 17.2 mg/L in hazardous waste landfill leachate [9,10], 12 µg/L in
stream water [11], between 3.5 and 59.8 ng/L in drinking water [7] and around 100 mg/L in effluents
from polycarbonate factories [6,12].

Due to its high industrial yield and toxicological effect, the elimination of BPA from water
solutions is of great importance and it has been listed as a priority pollutant in water treatment [13].
Several separation techniques such as adsorption, advanced oxidation, membrane separation,
phytoremediation and photocatalysis, among others, have been applied to efficiently remove BPA from
water effluents [14,15]. Particularly, among wastewater treatment technologies, phytoremediation
is arousing attention because it is a promising ecologically friendly alternative to remove BPA from
contaminated soil and water systems. For example, Phouthavong-Murphy et al. [9] investigated the
potential of two United States native switchgrass varieties for BPA removal and found good BPA
removals over approximately three months. Further, advanced oxidation processes are interesting
due to their good performance in the degradation of BPA and other micropollutants. Recently,
Luo et al. [16] studied the rapid removal of BPA and other organic micropollutants by heterogeneous
peroxymonosulfate catalysis and reported that BPA had the highest removal efficiency at pH 9.0,
almost 100% removal. Other researchers [17] integrated advanced oxidation processes with membrane
filtration to form a catalytic membrane that demonstrated exceptional efficiency for instantaneous
degradation of BPA. Moreover, the development of cheap and eco-friendly, effective and rapid
remediation technologies for the removal of BPA has increased the investigations based on the use of
transition metal-based nanomaterials for photocatalysis. For example, Rani et al. [18] synthesized and
examined green zinc and cobalt ferrites nanoparticles for the degradation of BPA from water under
direct sunlight. Results showed very good efficiencies, similar to those found with ZnO, Co3O4 and
Fe2O3 nanoparticles.

Even novel technologies are being investigated with very good results: one of the most favorable
methods is traditional adsorption onto carbonaceous materials [19]. Particularly, activated carbons
have good characteristics to work as an adsorbent: high porosity and surface area (around 3000 m2/g),
high degree of surface reactivity and diverse characteristics of surface chemistry [20,21]. Due to
these characteristics, activated carbons have been used for many different applications: as adsorbents,
catalysts or catalyst supports. They have been tested as a cleaning material for removing pollutants
from gaseous or liquid phases and the purification or recovery of chemicals [22,23]. Adsorption on
activated carbon is one of the first water treatments to have been used [24,25] and it is recognized
by the United States Environmental Protection Agency (US EPA) as one of the best methods for
removing organic and inorganic compounds from water for human consumption. The aqueous-phase
adsorption of both organic and inorganic compounds has been a very important application of activated
carbons. In fact, around 80% of the world production of activated carbons is used in liquid-phase
applications [26,27].

The adsorption mechanism of activated carbons is due to interactions (electrostatic or
non-electrostatic) between the carbon surface and the adsorbate. The nature of these interactions, which
can be attractive or repulsive, depends on the: (a) charge density of the carbon surface, (b) chemical
characteristics of the adsorbate and (c) ionic strength of the solution. Non-electrostatic interactions
are always attractive and can include: (a) van der Waals forces, (b) hydrophobic interactions and (c)
hydrogen bonding.

Activated carbons can be manufactured by physical or chemical activation processes using a wide
range of raw materials. Physical activation uses high temperature for the carbonization of the original
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material in absence of oxygen (usually CO2 or steam atmosphere). During chemical activation, the
material is impregnated with a chemical agent prior to its carbonization. One of the most frequent
chemical agents extensively used for the production of activated carbons in industry is H3PO4 [28,29].

Adsorptive removal of BPA from wastewater solutions by carbon-based materials, such as
activated carbon, has been extensively studied [30–35]. For example, Juhola et al. [31] prepared a
biomass-based adsorbent with a BPA adsorption capacity of 41.5 mg/g. Pan et al. [33] investigated
the BPA adsorption on carbon nanomaterials that showed a very good potential for the removal of
BPA of waters. Redding et al. [34] studied the adsorption of BPA on various modified lignite carbons.
Specifically, the work demonstrated that these modified carbons prepared using high-temperature
steam or methane/steam offered better behavior than conventional activated carbons. However, there
are few works available focusing on the BPA removal from water when other types of contaminants
are also present in the water [36–39]. BPA is a high-volume industrial chemical used in the production
of epoxy resins and polycarbonate plastics. Further, different additives are added in these materials
to improve the performance of the plastics. The chemical substances used as additives can be very
different depending on the objective. The additives can include metal-containing additives such as
heavy metals as cadmium, copper, lead or zinc, among others [40]. Heavy metals are another important
type of pollutants that have been found in waters. Some researchers have analyzed the simultaneous
adsorption/biosorption of these priority pollutants (heavy metals and organic pollutants) [41–43]. The
influence of heavy metals could enhance the removal of BPA or perhaps they could compete with BPA
for the available active sites and decrease the removal of BPA when the removal of BPA and heavy
metals is carried simultaneously.

Hence, one of the objectives of this investigation is to study the interactions between some of the
most common heavy metals in wastewater environments and BPA during adsorption onto activated
carbon (AC-40 commercial sample). First, the single adsorption of BPA on AC-40 activated carbon
was investigated. The main factors influencing the adsorption process were analyzed. Then, the
simultaneous adsorption of BPA and heavy metal cations on AC-40 activated carbon was performed in
order to know the type of adsorption (competitive or cooperative) which occurs between BPA and
these metal cations. Finally, desorption of BPA in three consecutive cycles was analyzed. Although
the study has been performed using a commercial activated carbon, so no novel findings about the
material are given, there are not a wide range of research works in the literature about the use of AC-40
for the removal of BPA from wastewaters including (1) the effect of the main parameters, (2) a kinetics
study, (3) an isotherms study, (4) simultaneous adsorption of BPA and heavy metals and (5) desorption.
The authors consider that specific complete studies about the removal of emergent pollutants with
the current technology (adsorption on activated carbons) can be interesting since they increase the
knowledge in this field and can be applied in the industrial wastewater sector.

2. Materials and Methods

2.1. Adsorbent

Activated carbon trademark CECA S.L., known as AC-40, was used as an adsorbent in all the
experiments. It is an extruded, thermally activated carbon from bituminous coal with a high surface
area (1200 m2/g). The main features of this adsorbent have been determined by Méndez Díaz et al. [44],
Abdel Daiem et al. [45] and Velo-Gala et al. [46]. Table 1 shows a summary of the properties.
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Table 1. Main physic-chemical characteristics of activated carbon AC-40.

Median particle diameter (MPD) (mm) 3
Density (g/L) 450

Moisture content (%) 4
Specific surface area (m2/g) 1201

Pore volumes (mean widths of micropores 0.71 nm) (cm3/g) 0.406
Pore volumes (diameter between 6.6 and 50 nm) (cm3/g) 0.046

Pore volumes (diameter > 50 nm) (cm3/g) 0.409
Concentration of acidic groups (µeq/g) 907.7
Concentration of basic groups (µeq/g) 96.0

Point of zero charge (pHpzc) 7.5
%C 68.97
%H 1.03
%N 0.45
%S 1.02
%O 20.23

%Ash 8.30

2.2. Reagents

BPA, C15H16O12, with 100% purity of Sigma-Aldrich company was used. Solutions of BPA were
prepared by dissolving BPA in ultrapure water obtained from Milli-Q® equipment (Millipore). In
adsorption tests conducted with mixtures of BPA and metal cations, copper (II) nitrate, Cu(NO3)2·3H2O,
lead (II) nitrate, Pb(NO3)2, nickel (II) nitrate, Ni(NO3)2·6H2O, and cadmium (II) nitrate, Cd(NO3)2·4H2O,
were used. All of them had purity higher than 98% and they were supplied by Panreac Quimica
S.A. company.

2.3. Methodology

All adsorption experiments were conducted in batch mode in a stirred tank. BPA solutions were
prepared in ultrapure water using a mild ultrasonic bath with a temperature of approximately 50 ◦C
(323 K).

In the preparation of mixtures of BPA and metal cations, the proper amount of metal reagent was
added to the previously prepared solution of BPA.

Each solution was located in a jacketed reactor with a capacity of 250 mL and maintained at a
constant temperature (298 K) with stirring throughout the test by using a magnetic stirrer. When
the operation time finished, a liquid sample was taken from the reactor by using an automated
pipette. Moreover, a sample of the original solution was taken. The concentrations of initial and
final contaminants were determined. Consequently, it was possible to determine the percentage of
contaminant removed by the activated carbon.

The effect of main experimental conditions such as adsorbent dose, pH, contact time and initial
BPA concentration was studied changing the variables between the following ranges: adsorbent dose
(0.1–1.0 g/L), pH (3–10), contact time (0.5–48 h) and initial BPA concentration (1–160 mg/L) at a constant
temperature of 25 ◦C. The desired value of pH was obtained by adding HCl solution (0.1 M) or NaOH
solution (0.1 M) to the BPA solution. The real initial concentrations of BPA obtained in a pH range of
3–10 were measured in absence of the adsorbent.

To test the effect of pH on the adsorption process of BPA with activated carbon AC-40, an initial
concentration of BPA of 20 mg/L, a contact time of 48 h and an adsorbent concentration of 0.5 g/L were
selected. The pH of the medium was changed from 3 to 10. The temperature remained constant at 25
◦C. Then, experiments were performed at pH values between 4 and 8 at different contact times in order
to analyze the influence of contact time on the BPA removal efficiency.

To determine the minimum amount of activated carbon necessary to achieve maximum removal
of BPA, experiments were carried out with a BPA initial concentration of 20 mg/L, three contact times
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5.5, 22 and 48 h and a pH of 5, changing the concentration of the adsorbent from 0.1 to 1 g/L. The
temperature remained constant during the tests at 25 ◦C (298 K).

The initial concentration of BPA is one of the most influential parameters in determining the
contaminant removal on activated carbon from the aqueous solution. Experiments were carried out to
test the effect of the BPA concentration in the adsorption process. A pH value of 5 with an adsorbent
concentration of 0.5 g/L, and a contact time of 48 h were selected. The initial concentration of BPA was
changed from 1 to 160 mg/L.

To analyze the kinetics of BPA adsorption, experiments were performed with different contact
times (until a contact time of 48 h), at pH = 5 and a BPA initial concentration of 20 mg/L, with an
adsorbent dose of 0.5 g/L and at a temperature of 298 K.

BPA adsorption isotherms of the activated carbon AC-40 were carried out at pH 5 and a temperature
of 298 K. For this purpose, 100 mL of solutions containing different concentrations (1–160 mg/L) of BPA
and 0.05 g of activated carbon were introduced into jacketed reactors, which were capped with flexible
polyethylene (LDPE) film to avoid evaporation, prevent contamination and protect the solid–liquid
system inside the reactor. Adsorption equilibrium was established when the concentration of BPA
did not change (for 3 days). The BPA removal efficiency and the amount of BPA adsorbed by gram of
activated carbon were calculated by the Equations (1) and (2), respectively:

% Removal efficiency =
(Ci −Cf)

Ci
× 100 (1)

q =
(Ci −Cf)

m
×V (2)

where Ci and Cf are the initial and final concentrations of BPA in solution, respectively, mg/L, q is the
amount of BPA adsorbed by gram of adsorbent, mg/g, m is the mass of adsorbent, g, and V is the
volume of the solution, L.

The procedure to obtain the data of adsorption of BPA on the activated carbon in the presence of
metal cations was similar to methods to obtain adsorption results of single BPA systems. The only
difference was the addition of a specific content of some metal cations to each BPA solution. Tests were
performed with a concentration of 20 mg/L for both BPA and each metal cation, with an activated
carbon dose of 0.5 g/L, during a contact time of 48 h and at pH value of 5. When equilibrium was
reached, the BPA and different metal cations concentrations were analyzed.

The determination of the content of BPA was performed by ultraviolet–visible (UV–Vis)
spectrophotometry, using the spectrophotometer model Genesys 6. The BPA concentration was
determined by absorbance measurements at 277.5 nm. All the samples were collected in triplicate to
further ensure precision. Samples used filled three quarters of the 1 cm cell used in the UV–Vis
spectrophotometer. This amounted to approximately 1.5 mL of sample. In binary tests, the
determination of metal content was performed by atomic absorption spectrophotometry, using
the spectrophotometer model Perkin-Elmer AAnalyst 200.

Desorption of the BPA adsorbed onto the AC-40 was studied in a batch system. First, adsorption
was performed at pH 5 and an initial BPA concentration of 20 mg/L with a dose of AC-40 of 0.5 g/L.
Then, desorption was performed under the following desorption conditions: use of a mixture of
methanol/acetic acid of 4:1 (v/v), a dose of AC-40 of 0.5 g/L, operation time of 48 h and temperature of
25 ◦C, and when the operation time was finished, the supernatant was separated and analyzed by
ultraviolet–visible spectrophotometry at 277.5 nm.

3. Results and Discussions

3.1. Influence of pH and Contact Time

The pH is one of the main parameters that control the removal of compounds present in aqueous
solutions using solid adsorbents. According to several authors, pH can change the availability and
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characteristics of the pollutants in solution and it can modify the chemical state of the functional groups
that are responsible for adsorption [47–49].

Some experiments were performed to test the effect of pH on the adsorption process of BPA with
activated carbon AC-40. Figure 1 shows the results.
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Figure 1. Bisphenol A (BPA) removal efficiency of activated carbon AC-40 according to the pH of
the medium.

Data showed that pH did not significantly affect BPA adsorption. However, a slight tendency to
obtain greater retention by increasing the acidity of the medium was observed. It could be because
the zero point of charge was 7.5. The zero point of charge is the pH at which the surface of the
adsorbent is globally neutral. Besides, it is a fundamental parameter of a material surface, governing
the adsorbent–adsorbate interactions. Below this point, the surface is positively charged, otherwise
it is negatively charged. Therefore, the CA surface was predominantly positive at pH values lower
than 7.5. In contrast, negative charges appeared on the surface at pH values higher than 7.5 due to
the dissociation of functional groups. In addition, BPA showed different states of equilibrium in an
aqueous solution depending on the pH. BPA could be found in its molecular form at a pH less than
8. Deprotonation of the bisphenolate monoanion occurred at a pH of 8 [49], reaching a considerable
concentration at pH 9 [50]. Therefore, electrostatic interactions between the negative charge of the
surface of the activated carbon and bisphenolate anion could lead to a decrease in the overall adsorption
of BPA. However, other interactions could also influence the adsorption rather than electrostatic forces,
making the effect of surface charge less intense.

These results were in good agreement with those reported by other researchers. Thus, Wang and
Xiao [51] indicated that the adsorption of BPA with four different activated carbons decreased at values
of pH higher than 9. Chang et al. [52] found that the pH had an important role in the retention process
of BPA with an activated carbon prepared from rice straw. Soni and Padmaja [53] also studied the
adsorption of BPA on activated carbon prepared from palm shell. They found that at pH values below
9, the adsorption of BPA was not influenced by the pH of the medium. Bohdziewicz and Liszczyk [54]
found a decrease in the adsorption of BPA by commercial activated carbon at pH values higher than or
equal to 10. However, at pH values below 10, the adsorption capacity was not affected.

Figure 2 shows the BPA removal efficiency of activated carbon with different contact times. The
removal efficiency increased with increasing contact time. At pH 5, the amount adsorbed increased
quickly in the first 0.5 h of contact. Then, at 22 h, an adsorption percentage of 80% was reached. If
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the process continued until 48 h, the adsorbed percentage would increase approximately up to 91%.
Finally, at 72 h of operating time, the removal of BPA reached a value of 92% (a very low change
with respect to 48 h). At other pH values, as pH 7 or pH 8, the adsorption was performed in a more
progressive way. However, the change between 48 and 72 h was also low.
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Considering the results obtained, from the removal efficiency point of view, a contact time of 48 h
and a pH of 5 were selected for the rest of the experiments. There were not important differences in the
pH range of 4 and 8. An adjustment by addition of acidic/basic chemicals could represent an important
part of the cost of the wastewater treatment process and for that reason, an economic evaluation could
indicate other pH values as a better option.

3.2. Influence of Adsorbent Dosage

Figure 3 shows the results of tests performed to determine the minimum dose of activated carbon
necessary to achieve maximum removal of BPA.

As the dosage of activated carbon increased, the BPA removal efficiency from solutions increased
for all the contact times. However, differences between 0.5, 0.75 and 1 g/L were very slight for long
contacts times. For example, BPA removals (%) of 92%, 93% and 90% were achieved with adsorbent
dosages of 0.5, 0.75 and 1 g/L, respectively, for a contact time of 48 h. However, great differences were
observed at very short times. For example, very high adsorption attained at 5.5 h when using 1 g of
adsorbent per L. With regard to the amount of BPA adsorbed by gram of activated carbon, in general,
it was higher for a dose of 0.5 g/L. Above this adsorbent dose, a decrease in the uptake of the BPA
was observed. In conclusion, if time was not considered, the use of an adsorbent dose of 0.5 g/L was
recommended since at 22 h of operating time, very good BPA removals were achieved.

These results agreed with those obtained by numerous authors. Thus, Bautista-Toledo et al. [37]
found an increase in the retention of BPA when 0.05 g of activated carbon was used for a period of
24 h in a BPA solution of 175 mg/L. Liu et al. [11] reported an increase in retention of BPA with two
carbons activated with nitric acid that were selectively modified. They obtained maximum adsorption
of BPA (432 mg/g) when changing the amount of activated carbon used. Tsai et al. [55] detected an
increase in retention of BPA when the dose of adsorbent increased. This occurred because the number
of adsorption sites increased in parallel with the increase in the dose of the adsorbent, when the
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concentration of BPA was small (<20 mg/L). If the concentration was too high, the adsorbent would
reach saturation quickly. As a result, it would stop contaminant retention.

According to the results, a concentration of 0.5 g/L of activated carbon was selected, since at this
concentration the minimum amount of adsorbent is used with good adsorption removal percentages
(if enough contact time is maintained).
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3.3. Influence of the Initial Concentration of BPA

Figure 4 shows the results of the influence of the initial concentration of BPA on its removal from
the aqueous solution by AC-40.
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Figure 4. (a) BPA removal efficiency and (b) amount of BPA adsorbed by gram of activated carbon
depending on initial concentration of BPA.

It should be noted that BPA concentration did not influence BPA removal (%) for concentration
values below 40 mg/L because the active sites on the adsorbent surface are not saturated. However,
when the concentration was higher than 40 mg/L, a significant decrease was observed in the adsorption
percentage. In this sense, at concentrations of BPA below 80 mg/L, the retention was higher because the
pores of the carbon surface were occupied almost entirely. However, when the concentration of BPA
was too high, the carbon surface underwent a supersaturation of its pores. As a consequence, a fraction
of BPA was not retained by the adsorbent. These results were in agreement with those obtained by
numerous authors. Thus, Bautista-Toledo et al. [37] obtained the same results in several studies with
different concentrations of BPA and activated carbon. With regard to the amount of BPA removed
expressed in mg/g of adsorbent (Figure 4b), it increased from 2.6 to 92.4 mg/g with an increase in the
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initial concentration from 1 to 160 mg/L. The main reason for this important increase is the increase in
the mass transfer driving force [56].

Based on the results obtained, an initial concentration of 20 mg/L was selected as the initial
concentration of BPA for the rest of the experiments.

3.4. Kinetic Study

A kinetics study in adsorption allows the determination of the BPA removal rate from the aqueous
medium. This study provides a basis for understanding the mechanism that controls the process and it
is essential to select the optimum operating conditions in the system designed for the effluent treatment
with this type of pollutant [57,58].

Experiments were performed with a total contact time of 48 h, pH = 5, a BPA initial concentration
of 20 mg/L, an adsorbent concentration of 0.5 g/L and a temperature of 298 K. Figure 5 shows the values
of q (mg retained/g sorbent) versus time.
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These experimental results were fitted by a nonlinear regression to four kinetic models:
pseudo-first-order, pseudo-second-order, Elovich and intraparticle diffusion models. Table 2 shows
the representative equations of the models and their parameters. Likewise, Table 3 shows the results
obtained when experimental data were fitted to the four selected kinetics models.

The pseudo-first- and pseudo-second-order models reproduced very well the experimental results.
However, the intraparticle diffusion model showed a low R2 value. Specially, the good correlation
coefficients (R2) of the pseudo-second-order model (it presented the highest R2 value) and the similarity
of the experimental and predicted adsorption capacity of this model indicated that the adsorption of
BPA by activated carbon could be chemical adsorption, which is consistent with the results of Section 3.1.
previously presented. In addition, the retention process was faster at first, but the equilibrium was
not reached until 48 h of contact time. This indicates that, although adsorption happened quickly, the
process subsequently proceeded more slowly until equilibrium was reached.

Other authors found similar results in their studies about BPA removal by activated carbons.
Chang et al. [52] used an activated carbon obtained from rice straw agricultural waste. They found that
the pseudo-second-order model fitted the experimental adsorption data better. Wang and Xiao [51]
studied the adsorption of BPA by activated carbon reporting that the adsorption process followed the
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first-order kinetics. Soni and Padmaja [53] reported that the kinetic data of adsorption of BPA onto palm
shell activated carbon could be fitted well by a pseudo-second-order kinetic model. Tang et al. [59]
showed that the kinetics of BPA removal onto activated carbon-alginate beads with cetyltrimethyl
ammonium bromide fitted good to the pseudo-first-order, pseudo-second-order and Elovich models.

Table 2. Equations and parameters representative of the four selected kinetic models.

Model Equation Parameters

Pseudo-first-order q = qe

(
1− e−k1·t

) qe adsorption capacity, mg/g
k1 kinetic constant of the pseudo-first-order, h−1

Pseudo-second-order q = t
1

k2× qe
2 +

t
qe

qe adsorption capacity, mg/g
k2 kinetic constant of the pseudo-second-order, g/mg·h

Elovich q = 1
b ln(a× b) + 1

b ln(t)
a velocity of initial adsorption, mg/g·h
b area of the occupied surface, g/mg

Intraparticle q = kp × t
1
2 + C

kp the intraparticle diffusion rate constant (mg/(g·min1/2))
C constant of the intraparticle diffusion model (mg/g)

Table 3. Adjustment results of the experimental data to the four selected kinetic models.

Model Parameters

Pseudo-first-order k1 = 0.164 qe = 37.17 r2 = 0.995
Pseudo-second-order k2 = 0.004 qe = 43.06 r2 = 1.000

Elovich a = 11.325 B = 0.099 r2 = 0.992
Intraparticle diffusion kp = 5.577 C = 3.082 r2 = 0.964

3.5. Equilibrium Study

Figure 6 shows the retention capacity of BPA, qe (mg retained/g of sorbent when equilibrium is
reached), versus the equilibrium concentration of BPA in the liquid phase, Ce.
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to the selected models.

Different types of adsorption isotherms were found in the literature [51,60,61]. The isotherm
obtained in this work was type I. The type I isotherm is monolayer adsorption easily explained using a
Langmuir isotherm. Examples of type I adsorption isotherms are given by microporous solids such
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as activated carbon (material used in this study). It is also observed that the maximum adsorption
capacity was close to 92 mg/g, and it was reached when the initial concentration of BPA was 160 mg/L.

In order to study the equilibrium of the process, these results have been adjusted to different
models which are shown in Table 4. Further, Table 5 shows the fitting results and the parameters of the
models obtained. Figure 7 represents the isotherm obtained with the models used.

The Langmuir and Sips models were the best in reproducing the experimental results, as the
value of the parameter n of the Sips isotherm was equal to the unit, which indicated that this model
tended to be a Langmuir isotherm. This result indicates that adsorption is monolayer on the active
sites of the adsorbent that has a homogeneous surface and molecules do not interact with each other.
Likewise, the value of the maximum adsorption obtained with the Langmuir and Sips models was
very close to the result obtained experimentally. These findings were similar to those obtained by other
authors [52–54]. However, maximum capacity values of adsorption of AC-40 activated carbon were
higher than those reported in the literature [62–65].

Finally, although adsorption processes performed in batch systems applied to the decontamination
of wastewater are more frequent to determine the maximum adsorption capacity as the maximum
amount of chemical adsorbed onto the adsorbent by mass of the adsorbent, in this work, the partition
coefficients at the studied concentrations were also determined as the ratio of the concentration of
BPA in solid phase (AC-40) to the concentration in liquid phase when the two concentrations are at
equilibrium. Table 6 shows the partition coefficient as a function of the initial concentration of BPA. Data
showed that the degree of partitioning varied with concentration. The linear partition coefficient was
about 50–52 L/g (the amount adsorbed versus its solution concentration) at initial BPA concentrations
lower or equal than 10 mg/L. This can be observed in Figure 6 since the first experimental points were
plotted in a linear trend. However, as the initial concentration of BPA increased, the linear partition
coefficient decreased until approximately 1 L/g at 160 mg/L. It also can be observed in the change of
the slope of the isotherm (Figure 6) as the BPA concentration was increased. In adsorption studies,
when an L-type plot (isotherm) is obtained, the qm coefficient is a convenient and reliable parameter to
be applied for adsorption capacities assessment better than the partition coefficient.

Table 4. Representative equations and parameters of the four selected models for the study of the
equilibrium process.

Model Equation Parameters

Langmuir qe =
bqm
1+b

Ce
Ce

qm maximum adsorption capacity, mg/g
b constant related to the affinity of the adsorbent for the adsorbate

Freundlich qe = KF ×C
1
n
e

KF equilibrium constant, (mg/g)·(L/mg)1/n

n constant related to the affinity between the adsorbent and the adsorbate

Sips qe =
qmbC1/n

e

1+bC1/n
e

qm maximum adsorption capacity, mg/g
b constant related to the affinity of the adsorbent for the adsorbate

n parameter characterizing the system’s heterogeneity

Temkin
qe =

RT
b ln(ATCe)

AT constant of union of the equilibrium (L/g),
b Temkin constant,

B constant related to the heat of adsorption (J/mol),
B = RT

b

Table 5. Adjustment results of the experimental data to the four selected isotherm models.

Model Parameters

Langmuir qm = 91.90 b = 0.64 r2 = 0.996
Freundlich KF = 39.49 n = 5.04 r2 = 0.941

Sips qm = 95.06 b = 0.632 n = 1.23 r2 = 1.000
Temkin b = 194.47 AT = 19.65 r2 = 0.981
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Figure 7. BPA removal (%) in single solutions (red marker) and in binary solutions with (a) copper,
(b) nickel, (c) lead and (d) cadmium (black marker for metal and blue one for BPA) using activated
carbon AC-40 as the adsorbent.

Table 6. Partition coefficient in function of concentration.

Initial Concentration of BPA, mg/L Partition Coefficients, L/g

1 52.00
5 51.40

10 49.80
20 40.75
30 26.78
40 20.78
80 2.60
120 1.38
160 0.93

3.6. Adsorption of BPA-Metals Cations Mixtures

Different contaminants such as BPA and a wide variety of metal ions could be present in wastewater.
The presence of these ions in solution can lead to competition between metals and the contaminant
for the union with the adsorptive sites but also could enhance the BPA adsorption. For example,
Han et al. [39] analyzed the influence of copper (II) and lead (II) ions on the adsorption of BPA onto
lignin. These researchers found that the presence of the metal cations modified the surface of lignin,
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converting it on a less negatively charged surface. It was an advantage for the adsorption of anion
species of BPA. Further, Liu et al. [38] studied the simultaneous adsorption of BPA and cadmium (II)
ions on activated montmorillonite and found that the maximum adsorption capacity of BPA changed
from 74.55 to 80.77 mg/g when cadmium was presented in the solution. Similarly, Bautista-Toledo
et al. [37] reported that the presence of chromium (III) enhanced the adsorption of BPA on different
activated carbons. The authors attributed the improvement in BPA adsorption to the in situ formation
of complex compounds formed by Cr (III) and BPA (Cr (III)-BPA coordination compounds).

In this section, the interaction of some metal cations present in water with BPA was analyzed. The
aim was to observe the possible interactions between the metal and the contaminant and/or metal and
adsorbent, especially if they had synergistic properties. In all cases, the experiments of mixtures of
metals and BPA have been compared with the initial experiment using only BPA. Cadmium, copper,
lead and nickel were selected as the representatives of heavy metals because they are very common in
wastewater. Figures 7 and 8 show the results.
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different heavy metals (green marker for metal and red one for BPA) using activated carbon AC-40 as
the adsorbent.

Contrary to the referenced studies of Han et al. [39], Lui et al. [38] and Bautista-Toledo et al. [37],
the results showed that none of the metal cations improved the efficiency or adsorption capacity of BPA,
suggesting a competition with BPA to occupy the porous surface of carbon and consequently decreasing
its effectiveness. This is consistent with investigations carried out by Schiewer and Volesky [66], who
systematically studied the effect of ionic strength on the adsorption of cations such as Zn2+, Cd2+, Cu2+

and Na+. They reported that an increase in ionic strength led to a decrease in the adsorption achieved
due to the increase in the electrostatic charge. Niu and Volesky [67] studied the removal of anionic
metal complexes (Au(CN)2−, CrO4

2−, SeO4
2− and VO4

3−), concluding that an increase in ionic strength
decreases the removal.

In the case of the mixture of Cd (II) and BPA, retention of BPA on activated carbon decreased.
The difference in adsorption of BPA in the mixture solution (metal-BPA) and in the BPA solution
was significant. BPA adsorption capacity changed from 36.8 (single solution) to 24.7 mg/g (binary
solution). However, Cd was not greatly adsorbed (adsorption capacity of 1.6 mg/g). This also occurred
in mixtures of Cu (II) and BPA, although to a lesser extent. If the predominant binding force of BPA is
electrostatic attraction, a decrease in the positively charged sites on the carbon surface could negatively
influence the BPA adsorption. A change in the charge of the carbon surface and pH of the solution
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during the process due to the adsorption of metals could explain the decrease in the BPA adsorption.
Earlier studies reported that the ionic strength of the solution notably influenced the adsorption of
different species [37,67,68]. Further, Meng et al. [69] studied the adsorption of phenol and cadmium
onto soil and found that the adsorption of mixed pollutants (Cd2+ and phenol) showed an antagonistic
effect on adsorption. Chemical adsorption was the main mechanism of adsorption of cadmium ions
while physical adsorption was the primary mechanism for phenol adsorption (very influenced by
the physic-chemical properties of the carbon surface). This indication was consistent with the pH
evolution of the system (Table 7) and the point of zero charge reported in Table 1. The net charge of
activated carbon decreases with the increase in pH values. Yang et al. [70] noted that the electrostatic
surface charge was smaller with the pH of the adsorption system closer to the pHpzc of the activated
carbon. In addition, BPA exists in its molecular form under pH < 8 but begins to deprotonate to a
negatively charged form at around pH 8 [13,51,70]. Thus, when pH was increased above 7.5, a repulsive
electrostatic interaction may be established between the negatively charged surface of the activated
carbon and bisphenolate anion. In the mixture of Ni (II) and BPA, the metal was not adsorbed and
BPA removal in the mixture solution was very similar to the BPA removal in the single BPA solution.
This means that the presence of Ni (II) did not affect the adsorption of BPA. Finally, in the case of the
mixture of Pb (II) and BPA, the results suggested that both Pb (II) and BPA were notably adsorbed by
activated carbon, probably because they formed a complex in situ with activated carbon, adsorbing
and synergistically removing both contaminants present in the solution, or perhaps they distributed
the available active sites of the adsorbent for Pb and BPA adsorption.

Table 7. pH evolution on simultaneous adsorption experiments.

Time, min Cd (II) + BPA Cu (II) + BPA Ni (II) + BPA Pb (II) + BPA

0 5 5 5 5
30 6.9 6.3 6.2 6.4
60 7.5 6.7 6.5 6.8
120 7.8 6.8 6.6 7.1
240 8.1 7.2 7.0 7.2
480 8.0 7.5 7.0 7.3

1440 8.0 7.4 7.3 7.3
2880 7.9 7.6 7.5 7.5

In conclusion, the metal ions may affect the sorption of BPA on AC-40 from different aspects:
(1) the metal ions can reduce the BPA adsorption due to the decrease in sorption sites on the AC surface;
(2) the metal ions can change the ionic strength of the solution and influence the adsorption of the
different species; (3) the metal ions can promote the hydrophobic interaction, which may enhance the
BPA adsorption on AC; and (4) the metal ions can promote the formation of complex compounds
(metal–BPA coordination compounds) which increase the BPA adsorption.

3.7. Cycles of BPA Adsorption/Desorption

The reuse of AC-40 was investigated in three consecutive cycles of adsorption/desorption,
without significant loss in the adsorption capacity. The adsorption capacity in the three consecutive
adsorption–desorption cycles is reported in the Table 8. Figure 9 shows the desorption percentage of
BPA. The removal efficiency was higher than 90% in all cases, indicating that the activated carbon has
good reusability. Further, desorption of BPA from the AC-40 was about 86.3% in the first desorption
cycle and only decreased slightly after three adsorption–desorption cycles. These results indicated
that the interaction of the BPA molecule to the binding sites on the adsorbent surface can be disrupted
without any effect on the properties of the adsorbent. Similar results were found by other authors in
their studies of the desorption of BPA by mixtures of methanol-acetic acid [71–73].
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Table 8. Removal efficiency and adsorption capacity of BPA adsorption in three consecutive cycles.

Cycle % Removal q, mg/g

1 92.5 37.00
2 91.4 36.56
3 90.2 36.08
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Figure 9. BPA desorption (%) in each adsorption–desorption cycle.

4. Conclusions

The aim of this work was to investigate the application of a commercial activated carbon (AC-40)
to remove BPA in single and simultaneous adsorption systems. The results showed that pH did not
significantly affect the BPA adsorption at low pH values. However, when the acidity of the medium
was increased, a slight improvement in the removal efficiencies was observed. Further, as the dose of
activated carbon increased, the BPA removal efficiency increased at all contact times. Additionally,
the concentration of BPA did not influence the adsorption, for the values of initial BPA concentration
analyzed in this work (similar to those than can be found in some industrial wastewaters).

The isotherm obtained for BPA adsorption onto AC-40 was type I and the maximum adsorption
capacity was close to 90 mg/g. The Langmuir and Sips models were the best to reproduce the
experimental results.

The experiments with mixtures of metals and BPA showed that none of the metal cations analyzed
improved the efficiency of the adsorption process. In the case of the mixtures of Pb (II) and BPA,
the results seemed to indicate that both Pb (II) and BPA can be efficiently removed from wastewater
using AC-40.

Desorption tests showed good desorption efficiency (higher than 80%) and also BPA adsorption
capacities were very similar after three adsorption–desorption cycles, indicating that the activated
carbon has good reusability. In conclusion, results of the work showed good adsorptive behavior of
AC-40 for BPA removal in batch systems in single- and binary-solute adsorption. However, from a
practical point of view and as a potential research line, complete experimental research on packed-bed
columns including desorption studies should be carried out.
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Abstract: Wastewater treatment is a topic of primary interest with regard to the environment.
Diclofenac is a common analgesic drug often detected in wastewater and surface water. In this paper,
three commonly available agrifood waste types (artichoke agrowaste, olive-mill residues, and citrus
waste) were reused as sorbents of diclofenac present in aqueous effluents. Citrus-waste biomass
for a dose of 2 g·L−1 allowed for removing 99.7% of diclofenac present in the initial sample, with a
sorption capacity of 9 mg of adsorbed diclofenac for each gram of used biomass. The respective
values obtained for olive-mill residues and artichoke agrowaste were around 4.15 mg·g−1. Advanced
oxidation processes with UV/H2O2 and UV/HOCl were shown to be effective treatments for the
elimination of diclofenac. A significant reduction in chemical oxygen demand (COD; 40–48%) was
also achieved with these oxidation treatments. Despite the lesser effectiveness of the sorption process,
it should be considered that the reuse and valorization of these lignocellulosic agrifood residues
would facilitate the fostering of a circular economy.

Keywords: agrowaste biomass; biosorption; diclofenac removal; advanced oxidation treatments;
low-cost sorbents

1. Introduction

Water is a renewable but limited natural resource, which forces us to manage it, especially in arid
and semiarid areas where water resources are limited. The presence of some pollutants can jeopardize
water recovery, and the reuse of urban and industrial effluents [1]. In addition to pollution from
municipal discharges, water bodies are also contaminated by industry, mining, and pollution from
agrochemicals used on irrigated land, which in many cases are discharged directly into lakes and rivers
without prior treatment [2].

The reuse of urban and industrial wastewater with some pollutants can contribute to soil
contamination, as well as its passage into the tissue of cultivated plants. This can produce adverse
effects on the ecosystem [3–6].

While the international scientific community continues to make considerable efforts to minimize
or alleviate the problem of what we may call traditional pollutants (heavy metals, organic matter,
inorganic nutrients, etc.), other environmental pollutants, called emerging pollutants (ECs), are of
growing concern [7] and are leading us to adapt our strategies to respond to their threats [8,9].

Aqueous effluents that arrive at urban wastewater-treatment plants show a complex composition
associated with current human and industrial development. Therefore, the presence of certain
pollutants can, in many cases, interfere with the proper functioning of biological wastewater-treatment
systems. Emerging contaminants are considered among these pollutants [9]. Emerging contaminants
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are compounds of different origin and chemical nature of which the presence in the environment has
gone largely unnoticed [10].

The lack of international monitoring programs for ECs makes it impossible to fully know their
effects, problems, and behavior from an ecotoxicological point of view [2]. They can be a danger to the
environment and human health [11,12]. Another particularity of this type of pollutant is that, due to its
high production and consumption, and the constant and continuous introduction of these pollutants
into the environment, they do not need to be persistent to cause negative effects.

Emerging contaminants can be classified as pharmaceutical and personal-care products,
plasticizers, food additives, wood preservatives, contrast media, detergents, surfactants, fire retardants,
biocides, hormones, and some disinfection byproducts. Advances in analytical technologies have
helped to identify this group of contaminants [13,14].

These compounds have high transformation/disposal rates that can compensate for their continued
introduction into the environment. For this reason, it is necessary to raise awareness of their origin and
transformation, and the effects that this new generation of pollutants can have in order to propose
modifications or improvements in water-treatment mechanisms. Some authors suggested the use of
toxicity tests with chemical analysis to evaluate the efficiency of treatment methods [15–18].

The ongoing processing of aqueous effluents in conventional wastewater-treatment systems does
not provide an adequate approach for the removal of emerging contaminants. These can arrive in their
original form and/or be metabolized, making it difficult to operate biological wastewater treatment,
sludge treatment, and the subsequent reuse of wastewater; there is also a lack of knowledge about
the possible impact of these pollutants on the environment [19]. In many cases, products resulting
from the transformation of the original emerging contaminants produce compounds that turn out to
be more toxic than the original ones are [20].

Diclofenac (2-(2,6-dichloroanilino) phenylacetic acid) is one of the best-selling nonsteroidal
anti-inflammatory drugs [21]. The high consumption level of this compound means that it is one of the
most detected pharmaceuticals in aqueous effluents, and according to reported data, the measured
values of diclofenac in municipal wastewater can be up 7.1 µg·L−1 [22,23]. A distinctive feature of
diclofenac is that it undergoes low biodegradability and high persistence in wastewater-treatment
plants, leading to its bioaccumulation in surface waters, sediments, and sludges [24,25]. Therefore, it is
necessary to implement specific treatments to reduce or eliminate its presence in effluents.

Different sorption studies of diclofenac are reported in the literature. The highest bioremoval
efficacies were obtained with carbon nanotubes [26], clays [27], and biochars [28] as sorbents.
Raw lignocellulosic biomass was also used as a low-cost biosorbent, but the achieved efficiency
was not as high as that with previous sorbents [29,30]. Despite this, biosorption has lately been
presented as a very interesting technology, in line with the concept of the circular economy [31,32].
Efficient biowaste management is among the most important challenges in agrifood industries.
Suggested uses for these lignocellulosic residues include their utilization as sorbents of pollutants
in aqueous effluents [33–35] since they present very interesting physicochemical properties, such as
their high surface area and the presence of a variety of functional groups that facilitate the sorption
process [36–38]. Bioadsorptive techniques are the best ecofriendly solutions for removing contaminants
because they are economical, efficient, highly selective on pollutants, and easily operable.

The most commonly used treatments for the removal of emerging contaminants, such as diclofenac,
are advanced oxidation processes [39–43], which utilize free radical reactions to directly degrade
chemical contaminants as an alternative to traditional treatments. For these oxidative treatments,
it is necessary to carry out research studies that examine what the most appropriate combination of
oxidizing reagents is to degrade a specific pollutant.

The main objective of this work was to carry out a comparative study of diclofenac elimination
in aqueous effluents through biosorption with agrifood residues and through different advanced
oxidation techniques (ultraviolet radiation (UV), sodium hypochlorite, and combinations of ultraviolet
radiation with hypochlorite and with hydrogen peroxide).
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2. Materials and Methods

2.1. Preparation and Characterization of Agrowaste Biomass

In preliminary studies, different agricultural wastes residues were processed and examined for
their ability to remove diclofenac from a test solution. Of these, the three most interesting agrifood
waste types that are abundant in the Murcia region (Spain) were chosen to be investigated in this study:
artichoke agrowaste, olive-mill residues, and citrus waste from agrifood industries. Biomass samples
were washed with distilled water and dried at 70 ◦C for 24 h before being ground and passed through
a sieve with a number 18 mesh (1 mm). The different surface morphologies of each biomass were
explored, and a qualitative determination of each was made using a field-emission scanning electron
microscope and an energy-dispersive X-ray analyzer (SEM) (Hitachi S-3500N). FTIR measurements of
the sorbents were performed in the range of 4000 to 400 cm−1 in a Thermo Nicolet 5700 (Karlsruhe,
Germany). Moreover, the pH point of zero charge (pHZPC) was determined by the mass-titration
method [44].

2.2. Preparation of Diclofenac Solutions

A diclofenac stock solution (1 g·L−1) was prepared using diclofenac sodium (C14H10Cl2NNaO2,
≥99%; Sigma-Aldrich, Madrid, Spain) in deionized water. The working solution (20 L) was achieved
by diluting the stock solution in treated and filtered wastewater from a wastewater-treatment plant.
The pH value was adjusted to 6.6 with a 0.1 mol·L−1 HCl or 0.1 mol·L−1 NaOH solution using a
Metrohm 654 pH meter with a pH combination electrode. All chemicals were of analytical grade.
The analytical characterization of the working solution was performed by American Public Health
Association (APHA) methods [45].

2.3. Batch-Biomass Tests

Batch-biosorption experiments were performed at 25 ◦C under stirring in a reciprocal contact
agitator with 100 mL of the diclofenac working solution at a fixed concentration (Co = 37.6 mg·L−1)
and a known amount of sorbent for 24 h in a conical flask at a constant stirring speed (150 rpm). Lastly,
the solutions were filtered and quantified obtaining the final concentration (Ce). The initial (Co) and
final (Ce) concentrations were quantified by high-performance liquid chromatography (HPLC).

The amounts of diclofenac adsorbed at equilibrium (qe), also called diclofenac removal efficiency
and expressed as mg diclofenac/g dry biomass, were determined by mass-balance equation (Equation (1))
on the basis of values of diclofenac concentration in the solution at the beginning (Co) and end (Ce) of
the test:

qe =
(Co −Ce) ·V

m
, (1)

where V is the solution volume (L) and m the sorbent dry weight (g).
The percentage of diclofenac elimination in each case was calculated by Equation (2):

% Removal =
(Co −Ce)

Co
× 100, (2)

where Co is the initial concentration (mg·L−1) and Ce is the equilibrium concentration (mg·L−1)
of diclofenac.

2.4. Diclofenac Determination

Diclofenac concentration in the water samples was determined by high-performance liquid
chromatography (HPLC). A Waters modular liquid chromatography system (Waters, Milford, MA,
USA) equipped with two M510 pumps, a 717 plus autosampler, and an M996 photodiode array detector
(PDA) was used. HPLC was run by the data system of the Millenium 2010 Chromatography Manager.
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An Atlantis C18 5 µm, 25 cm × 4.6 mm i.d. (Waters) column was used. Elution was performed using a
gradient between 175 mM phosphoric acid in water and 175 mM acetic acid in acetonitrile as the mobile
phase. Flow rate was 0.6 mL/min. Samples, before being analyzed, were filtered using a 0.45 µm pore
size cellulose acetate membrane, and the filtrate was analyzed for HPLC. Diclofenac was monitored at
270 nm. The retention time of diclofenac was about 6.4 min.

2.5. Advanced Oxidation Treatments

2.5.1. Sodium Hypochlorite

Treatment with sodium hypochlorite was performed with 1000 mL of filtered diclofenac solution.
Four different amounts of available chlorine, namely, 1.0, 2.0, 3.0, and 4.0 mL of a 5% (w/v) sodium
hypochlorite solution (Panreac, Barcelona, Spain) were added to each sample. Experiments were
carried out in sealed glass bottles. They were incubated for 2 h until the moment of their quantification
in a dark isothermal chamber at 20 ◦C, with slow agitation. Lastly, samples were filtered and analyzed
by HPLC.

2.5.2. UV Light Treatments

UV radiation was applied using an 8 watt low-pressure UV lamp (UV-C 8 watt Strahler–Messner,
Kalletal, Germany), with a flow range of 0.5 to 1.1 L·h−1 and a wavelength of 254 nm. The facility was
designed to be used with 500 mL of a sample, irradiated for short periods of time of 2, 5, 10, and 15 min.
According to these irradiation durations, the provided doses were 15, 37, 73, and 110 mJ·cm−2,
respectively. Before each treatment, the lamp was cleaned with deionized water. After irradiation,
samples were filtered with a 0.45 µm filter and analyzed by HPLC.

2.5.3. UV Radiation Combined with Sodium Hypochlorite (UV/HOCl) and Hydrogen
Peroxide (UV/H2O2)

UV/HOCl and UV/H2O2 assays were conducted as batch experiments using a concentration of
5 mg·L−1 sodium hypochlorite and 5 mg·L−1 of hydrogen peroxide, respectively, which were added
into the initial sample and subjected to different UV exposure times (2, 5, 10, and 15 min) before
filtration and analysis of diclofenac concentration was performed by HPLC.

2.6. Chemical Oxygen Demand

Chemical oxygen demand (COD) was determined using the methods described in APHA [45].
For COD measurements, a Spectroquant Nova 30 spectrophotometer (Merck, Darmstadt, Germany)
was used.

3. Results and Discussion

3.1. Characterization of Biomass Samples

The surface characteristics of the different biomass samples used in diclofenac bioadsorption
studies were investigated using scanning electron microscopy (SEM) and energy-dispersive X-ray
spectroscopy (EDS), as shown in Figures 1–3. SEM is considered to be one of the most widely used tools
in the scientific field for studying the surface characteristics of biomass used as biosorbent [46]. In the
different micrographs that were made in the SEM, important differences in the surface characteristics
of the different studied agrifood waste types were observed, presenting a majority composition of
carbon and oxygen in all cases.
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Figure 1. SEM image and EDS analysis of artichoke-agrowaste biomass.
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Figure 2. SEM image and EDS analysis of citrus-waste biomass.
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Figure 3. SEM image and EDS analysis of olive-mill residue biomass.

Figure 1 shows that artichoke biomass had filamentous structures made up of fiber cells that were
longitudinally aligned. This fibrous structure provides consistency, resistance, and a large surface
area [47] that, together with the small channels, allows for the rapid movement of fluids through the
fibers, increasing the possibility of retaining diclofenac molecules. SEM analysis also showed that it
was a rough surface, with the presence of holes of irregular shape and size [47] that could improve the
retention of diclofenac.

Citrus-waste biomass (Figure 2) presented an irregular surface, but with a much more compact
appearance and with fewer cavities than in the previous case, although with cracks that provided a
large surface for the retention of diclofenac. Olive-mill residues (Figure 3) also presented an irregular
surface with a fairly compact appearance, bit with few cavities. In all cases, the presence of cavities of
irregular shape and dimensions would enhance the fixation of contaminants to be retained.

FTIR analysis allowed for inferring the structure of the sorbents on the basis of the locations and
shapes of the bands in the spectra (Figure 4). The three sorbents showed a broad band at 3600–3100 cm−1
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that was assigned to −OH stretching vibrations of hydroxyl and carboxyl groups. A −CH aliphatic
stretching vibration band was also observed at 2900–2850 cm−1 in all sorbents. Around 1630 cm−1,
a band attributed to C=O stretching vibrations and typical skeletal vibrations of aromatic rings was
presented. In the region of 1030–1000 cm−1, a broad band, an indication of C−O and C=C vibrational
stretching, was revealed. These are, in fact, typical FTIR spectra, corresponding to nonmodified plant
biomass samples, where the lignocellulosic constituents are particularly outstanding [32,47–49].
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3.2. Diclofenac Biosorption

Table 1 shows the characterization of the working water prepared from diclofenac stock solution
and filtered effluent from a treatment plant. The initial concentration (Co) of diclofenac for the different
experiments was 37.6 mg·L−1 and an initial COD value of 282 mg O2·L−1.

Table 1. Initial composition of working solution. COD, chemical oxygen demand.

Parameter Value

pH 6.6 ± 0.2 *
Conductivity (µS·cm−1) 12.5 ± 2.5

TSS (mg/L) 98.2 ± 8.6
Turbidity (NTU) 4.7 ± 0.3
NO3

− (mg·L−1) 16.8 ± 2.7
PO4

3− (mg·L−1) 5.6 ± 1.1
BOD (mg O2·L−1) 113.3 ± 10.2
COD (mg O2·L−1) 282.0 ± 15.0

Diclofenac initial (mg·L−1) 37.6

* mean ± SD of 3 determinations.

The sorption capacities and percentages of diclofenac removal in the experiments carried out
for the different used sorbents and doses (Table 2) revealed that citrus-waste biomass was the most
effective. Citrus residues, with a zero point of charge of 4.2, reduced the pH of the solution during the
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sorption process to 5.7 by the end of the experiment. These pH reductions were less pronounced in the
olive-mill-residue (pHZPC = 5.4) and in the artichoke-agrowaste (pHZPC = 4.8) sorption tests, of which
the final pH values were 6.4 and 6.1, respectively. In all cases, the modifications in pH were very slight,
hardly affecting the solubility of the adsorbate and sorption-capacity values. The biomass of artichoke
agrowaste showed the least capacity to retain diclofenac. In the case of citrus waste, for a dose of 2 g/L,
all the diclofenac is retained, obtaining a sorption capacity (qe) of 9 mg·g−1. Olive-mill residues had
intermediate and very similar retention values regardless of the dose used in the experiments.

Table 2. Elimination of diclofenac for different biomass samples.

Biomass Sorbent Dosage
(g·L−1) Removal % qe

(mg·g−1)

Artichoke agrowaste 1 18.7 ± 2.4 * 3.9 ± 0.5

2 19.9 ± 3.1 4.2 ± 0.4

Olive-mill residues 1 46.4 ± 4.4 4.2 ± 0.6

2 46.3 ± 5.8 4.2 ± 0.8

Citrus-waste 1 87.1 ± 5.7 7.8 ± 1.1

2 99.7 ± 0.5 9.0 ± 0.3

* mean ± SD of 3 determinations.

The results of this study revealed that the reuse of raw lignocellulosic biomass from agrifood
waste for the sorption of diclofenac may be an efficient and common method of wastewater treatment.
The sorption capacities of diclofenac obtained in this study were lower than those reported for
microalgae biomass (20–28 mg·g−1) [29] and grape bagasse (24 mg·g−1) [49], but comparable for
that shown with activated carbon from olive stones (11 mg·g−1) [50]. In the present investigation,
the agrifood waste used as sorbent was not previously modified or subjected to any thermal treatment.
The obtained results in the present investigation reveal that this is a new line of research that is
worth further exploring, and it may be of interest to test some cost-effective activation mechanism
that enhances the bioadsorptive capacity of waste to specific contaminants. In this context, future
studies will be made in application in real systems, where fixed-bed citrus-waste adsorbers can be
implemented for the treatment of wastewater with diclofenac.

3.3. Advanced Oxidation Treatments

As summarized in Table 3, when the working solution (Co = 37.6 mg·L−1) was exposed to different
exposure times of UV radiation ranging from 2 to 15 min, significant reductions in the initial diclofenac
concentration were achieved, ranging from 9.78% removal for 2 min of exposure and 88.49% removal
for 15 min of exposure, without being able to achieve total removal. A significant reduction in COD
values was also achieved, in a similar way to that in other reported investigations [51].

Table 3. Treatment with ultraviolet (UV) radiation.

Contact Time
(min)

Diclofenac
(mg·L−1)

Removed
Diclofenac %

COD
Reduction %

2 33.9 ± 2.8 * 9.8 ± 2.4 44.3 ± 3.6
5 16.6 ± 2.1 55.9 ± 3.9 62.1 ± 3.5
10 6.1 ± 1.1 83.8 ± 4.6 62.4 ± 4.1
15 4.3 ± 0.9 88.5 ± 3.8 66.3 ± 3.9

* mean ± SD of 3 determinations.
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In the treatment with sodium hypochlorite and a contact time of 2 h (Table 4), for a dose of
4 mg·L−1, all diclofenac present in the starting sample was eliminated. As the dose of hypochlorite
was increased, greater elimination was achieved. The reduction in COD was also quite significant.

Table 4. Treatment with sodium hypochlorite (contact time 2 h).

Hypochlorite Concentration
(mg·L−1)

Diclofenac
(mg·L−1)

Removed
Diclofenac %

COD
Reduction %

1 14.4 ± 3.3 * 61.7 ± 4.7 24.1 ± 2.3
2 4.4 ± 1.2 88.4 ± 5.1 38.3 ± 2.8
3 3.3 ± 0.9 91.3 ± 4.4 44.0 ± 2.6
4 n.d. † 100 44.7 ± 1.8

* mean ± SD of 3 determinations; † not detected.

In the treatment that combined UV radiation with the addition of sodium hypochlorite (Table 5),
practically all the diclofenac (93.59%) was eliminated for a radiation time of 10 min. When exposure
time was increased (15 min), it was possible to eliminate it completely. In addition, the unreacted
chlorine in this process provided residual protection for water reuse purposes [52]. Comparable
reductions in COD were achieved as those with previous treatments. For the treatment in which UV
radiation was combined with hydrogen peroxide (Table 6), the initial diclofenac was eliminated for
all treatments. For an exposure time of 2 min of UV radiation, 99.20% of the initial diclofenac was
degraded. The achieved elimination of COD was quite comparable in all performed treatments.

Table 5. Ultraviolet radiation treatment combined with sodium hypochlorite (5 mg·L−1).

Contact Time
(min)

Diclofenac
(mg·L−1)

Removed
Diclofenac %

COD
Reduction %

2 29.1 ± 2.2 * 22.6 ± 2.8 14.2 ± 1.9
5 13.5 ± 1.8 64.2 ± 3.1 22.0 ± 2.4
10 2.4 ± 0.5 93.6 ± 4.8 45.0 ± 3.8
15 n.d. † 100 47.9 ± 3.4

* mean ± SD of 3 determinations; † not detected.

Table 6. UV radiation treatment combined with H2O2 (5 mg·L−1).

Contact Time
(min)

Diclofenac
(mg·L−1)

Removed
Diclofenac %

COD
Reduction %

2 0.3 ± 0.1 * 99.2 ± 4.4 23.4 ± 1.7
5 n.d. † 100 25.9 ± 2.3
10 n.d. 100 36.5 ± 2.0
15 n.d. 100 40.1 ± 3.1

* mean ± SD of 3 determinations; † not detected.

It is scientifically accepted that advanced oxidation processes are highly effective novel methods
that accelerate the oxidation and the degradation of a wide range of organic and inorganic pollutants
that are resistant to conventional treatment methods [53]. In our experiments, diclofenac was 88% by
UV-C degraded irradiation; when the wastewater was treated for a time as short as 15 min, this result
verified that this compound absorbs UV irradiation well at 254 nm and can be easily photolyzed [54].
When UV-C irradiation treatment was combined with 5 mg·L−1 of sodium hypochlorite, the degradation
of diclofenac was increased to 100%. Nevertheless, UV/H2O2 was the most efficient oxidation process,
combining the immediate UV effect and the action of the HO˙ radicals produced from the homolytic
disruption of H2O2. The levels of diclofenac degradation under the adopted experimental conditions
were higher than the values reported in the literature for oxidation processes, such as ozonation (32%)
and UV/H2O2 (39%), after 39 min treatment [55]. The use of hypochlorite to degrade diclofenac in
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aqueous effluents was also reported with successful results [56]. Recent research in a Fenton-like
system with FeCeOx–H2O2 achieved 84% degradation of diclofenac within 40 min [57]. All these
results are in accordance with those obtained in our experimental design and confirm the feasibility
of the tested methods. A significant reduction in chemical oxygen demand (COD) (40–48%) was
also achieved with these oxidation treatments, although there was no direct relationship between the
percentage of diclofenac degradation and the decrease in COD.

4. Conclusions

This paper offers a comparative study between the application of biosorption and advanced
oxidation techniques to remove diclofenac from wastewater at high concentrations.

Artichoke agrowaste, olive-mill residues, and citrus waste were used as low-cost biosorbents
to remove diclofenac from aqueous effluents. Citrus-waste biomass, at a sorbent dosage of 2 g·L−1,
showed the highest sorption capacity (9 mg·g−1). This value was achieved with raw biomass without
being subjected to any chemical or thermal activation process. The obtained results highlight the
sustainable reutilization of agrifood waste for producing cost-effective sorbents, providing additional
income for the agroindustrial sector. Waste valorization can efficiently help in reducing environmental
stress by decreasing unwarranted pollution and promoting economy circularization.

UV-driven advanced oxidation treatments were effective in the degradation of diclofenac in
wastewater. The UV/H2O2 (5 mg·L−1) oxidation process was faster than UV/HOCl (5 mg·L−1) to reach
the same degradation rate. Chemical oxygen demand (COD) was considerably reduced (40–48%) with
these oxidation treatments.

The obtained results in this study confirm biosorption as a low-cost and environmentally
sustainable technique, and the high efficiency demonstrated by advanced oxidation techniques,
may lead to applying specifically designed techniques that combine biosorption and advanced
oxidation to eliminate specific emerging contaminants in aqueous effluents.
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Abstract: User-friendly and energy-efficient methods able to work in noncontinuous mode for
in situ purification of olive mill wastewater (OMW) are necessary. Herein we determined the
potential of oxidized multiwalled carbon nanotubes entrapped in a microporous polymeric matrix
of polydimethylsiloxane in the removal and recovery of phenolic compounds (PCs) from OMW.
The fabrication of the nanocomposite materials was straightforward and evidenced good adsorption
capacity. The adsorption process is influenced by the pH of the OMW. Thermodynamic parameters
evidenced the good affinity of the entrapped nanomaterial towards phenols. Furthermore, the kinetics
and adsorption isotherms are studied in detail. The presence of oil inside the OMW can speed up
the uptake process in batch adsorption experiments with respect to standard aqueous solutions,
suggesting a possible use of the nanocomposite for fast processing of OMW directly in the tank where
they are stored. Moreover, the prepared nanocomposite is safe and can be easily handled and disposed
of, thus avoiding the presence of specialized personnel. After the adsorption process the surface of the
nanomaterial can be easily regenerated by mild treatments with diluted acetic acid, thus permitting
both the recyclability of the nanomaterial and the recovery of phenolic compounds for a possible use
as additives in food and nutraceutical industries and the recovery of OMW for fertirrigation.

Keywords: olive mill wastewater; carbon nanotubes; polydimethilsiloxane; waste treatment; phenolic
compounds; resources recovery

1. Introduction

Olive mill wastewater (OMW) is an acid waste derived from olive pressing, which has a production
range from 10 to 30 million of m3 per year [1]. OMW is composed of water, oil, and solids and exhibits
ecotoxic and phytotoxic properties due to its high content of phenols [2]. For that reason, OMW has
been considered as a matter of treatment and minimization [3]. However, it could represent a cheap
source of components that can be recovered and used as natural food additives [4,5]. For instance,
at low concentrations, phenols of olive have antioxidant properties with potential benefits for the
health [6–8]. Moreover, OMW purified from phenols can be a valuable source for fertirrigation [9].

Different methods have been developed to purify OMW from phenols such as electrochemical
oxidation [10], physical methods [11], solvent extraction [12], chemical treatments [13–15], filtration [16],
and bioremediation [17,18]. However, these techniques could require high energy, the use of
chemicals, and could generate secondary pollutants during the remediation process [19]. Moreover,
phenolic compounds (PCs) could be degraded during the treatment thus not permitting their recovery.
For all these reasons, there is an urgent need to develop alternative methods for the removal and
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recovery of PCs from OMW. In this view, adsorption techniques can be an attractive alternative [20–25].
Different adsorbents have been developed, such as granular activated carbon [20], zeolites [26],
agricultural wastes [3], and amberlite [27]. One of the major issues is that these materials are in powder
form requiring large centrifuges or filtration systems for their management during the treatment.
Another approach could be to pack the powder in a column for a continuous flow separation in a
plant [21]. However, the seasonally production of OMW and the necessity to collect and transport
OMW from the large number of olive mills to the plant can make such systems expensive [19].
Recently we have developed a nanocomposite material in which oxidized carbon nanotubes (oxCNTs)
were physically entrapped on the surface of porous polydimethylsiloxane (PDMS) for the removal
of phenolic compounds from aqueous solutions with good adsorption capacity. The nanocomposite
can be easily handled and disposed of, making easier its recovery after the adsorption process [28].
Although the use of the material to remove phenolic compounds for OMW treatment was suggested a
complete characterization of the adsorption process was not performed. In the present work we tested
the ability of PDMS/oxidized multiwalled carbon nanotubes (oxMWCNTs)—spongeous materials
to remove phenolic compounds from complex matrices such as OMW. The adsorption mechanisms,
thermodynamic parameters, and kinetics were studied with different theoretical models. A good and
fast adsorption capacity was observed. The system was demonstrated to be effective for the purification
of complex OMW matrices in batch samples, suggesting their possible use for in situ purification of
OMW, being able to work directly in the tank where the waste is stored. It has been demonstrated that
the different phenols present in OMW can affect the adsorption process with respect to our previous
observations. Moreover, the presence of oil in OMW can speed up the uptake process, probably due to
the swelling of the pores inside the adsorbent phase. The reusability of the nanocomposite and the
possibility of recovering adsorbed phenols was also demonstrated.

2. Materials and Methods

2.1. Materials

Multiwalled carbon nanotubes with a diameter of 25.4 ± 4 nm were provided by Nanostructured
& Amorphous Materials, Inc., Los Alamos, NM, USA. The PDMS polymerization kit (Sylgard 184),
comprising monomer and curing agent, were purchased from Dow Corning, Midland, MI, USA.
All the other reagents were analytical grade and purchased from VWR International srl, Milano, Italy,
and used as received.

2.2. OMW Origin and Composition

OMW was obtained from a three-phase continuous extraction unit in Miggiano, Italy. The pH at
25 ◦C was equal to 4.8 and the density 1.08 ± 0.02 g/L. Total suspended solids were 2.57 ± 0.05 g/L,
the total solids were 25.12 ± 0.8 g/L, the mineral matter was 4.02 ± 0.07 g/L. The phenolic amount equal
to 2.089 ± 0.01 g/L was calculated by Folin–Ciocalteau assay [29].

2.3. Preparation of the Spongeous Adsorbent

A sponge of polydimethilsiloxane (PDMS), in which oxidized multiwalled carbon nanotubes
(oxMWCNTs) were stably entrapped and homogenously dispersed on pores’ surfaces, was prepared
following our well-developed procedure [28]. Briefly, microparticles of glucose crystals with an average
dimension of 290 ± 170 µm were mixed with a shaker overnight with pristine MWCNTs at 3% w/w.
The obtained mixture was packed in a centrifuge tube and an appropriate amount of PDMS prepolymer
mixed with curing agent in the ratio of 10:1 and diluted with 40% in wt.% of hexane was added on
the top. The composites were centrifuged at 8000 rpm for 20 min to allow the packing of the mixture
and the permeation of the prepolymerization solutions between the sugar particles. The composite
was then cured at 60 ◦C overnight to accomplish the polymerization. Finally, glucose was removed by
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firstly soaking the nanocomposite in boiling water under continuous stirring and then by sonication in
warm water and ethanol.

MWCNTs entrapped in the nanocomposites were then oxidized. The sponges were placed in
water under reduced pressure to allow the permeation of the solution in the pores of the hydrophobic
nanocomposite, then nitric acid was added until a concentration of 3 M was reached and left for two
hours under continuous stirring. At the end of the process the as-obtained nanocomposites were washed
repetitively with water until the pH of the washing solution remained stable. The nanocomposites were
dried under vacuum and dipped in H2O2 30% w/w solution under stirring for 2 h. Finally, the obtained
materials (PDMS/oxMWCNTs) were repetitively washed in water and dried at 100 ◦C overnight.

2.4. Determination of PCs in OMW

The PCs in the OMW were quantified by Folin–Ciocalteu assay [29]. 240 µL of water, 50 µL of
OMW, and 250 µL of Folin–Ciocalteau reagent were added in a flask. After 120 s, 2.7 mL of sodium
carbonate (20% w/v) was added. The mixture was left at 25 ◦C for 2 h and then centrifuged at 8000 rpm
for 5 min. The absorbance of the supernatant was read at 765 nm with a Cary UV 50 spectrophotometer.
Gallic acid was used as a standard for the calibration of the method.

2.5. Adsorption Experiments

A proper amount of the PDMS/oxMWCNTs nanocomposite (6 g/100 mL) was immersed in 5 mL
of OMW diluted with water (pH = 4.8) with a known concentration of phenols (1.251 g/L) and shacked
at 25 ◦C. Studies at different pH were performed, adjusting the pH with 0.1 M HCl or 0.1 M NaOH.
The adsorption rates of phenols were monitored at different times (namely 0, 0.5, 1, 1.5, 2, 2.5, 3,
4, 22, and 24 h) collecting small aliquots from the solution for further spectrophotometric analysis.
Removal efficiency (Q%) and equilibrium adsorption capacity (qe) of the sponges were calculated by
Equations (1) and (2) respectively:

removal e f f iciency (%) =

[
(C0 −Ct)

C0

]
× 100 (1)

adsorption capacity, qe
(mg

g

)
=

[
(C0 −Ce)

W

]
×V (2)

where C0 and Ct are respectively the concentration of PCs at the beginning of the experiment and at a
given time (hours) in ppm (mg/L), Ce is the PCs concentrations (ppm) at the equilibrium (24 h), W is
the weight of the sponge in grams, and V is the volume of the solution in liters.

2.6. Desorption Experiments

The adsorbent was separated from the OMW solution and washed with water. Desorption experiments
were conducted by dipping the PDMS/oxMWCNTs sponge in 10% acetic acid, which was vortexed for 2 h.

3. Results and Discussion

3.1. Adsorption of OMW PCs on PDMS/oxMWCNTs Sponges

Our developed fabrication route described in experimental methods can easily allow the synthesis
of black porous PDMS/oxMWCNTs sponges (Figure 1a) in which the pores dimensions are comparable
to that of the used hard template. The carbon nanotubes are well-dispersed in the polymeric
matrices thanks to the mechanical destroying of π-π stacking during the fabrication steps. Moreover,
the oxidation of the nanomaterials in the sponges occurred after the synthesis of the 3D nanocomposites
thus reducing the need of complex apparatus thanks to the easy handle of the material [28,30].
Although it is known that treatment with strong acid can degrade PDMS matrices [31], it is interesting
to note as the oxidation procedure did not significantly affect the mechanical stability of the material.
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This is probably due to the low concentration of nitric acid and short time of incubation used for
the synthetic procedure. The prepared sponges were dipped in an OMW solution at pH 4.8 and the
adsorption of PCs was monitored at different times. As reported in Figure 1c, at the beginning of the
process we observed a fast phenols adsorption. After 4 h the adsorption process become slower due to
the decrease in the number of easily accessible sites on oxMWCNTs [3,28,32]. Finally, for times higher
than 20 h an equilibrium between the adsorbent and adsorbate is achieved. Moreover, we observed
that the adsorption of PCs did not occur in 24 h on porous PDMS prepared following the procedure in
Section 2.3, but in the absence of MWCNTs, and is very low on a spongeous nanocomposite in which
MWCNTs were not oxidized (removal efficiency approximately 2%) (data not shown).
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Figure 1. A piece of polydimethylsiloxane/oxidized multiwalled carbon nanotubes (PDMS/oxMWCNTs)
sponge (a) before and (b) after dipping in an olive mill wastewater (OMW) solution. (c) Effect of contact
time on adsorption of OMW phenolic compounds (PCs) on the PDMS/oxMWCNTs sponge.

Interestingly, most of the uptake process (around 95%) was completed in 4 h, evidencing a faster
uptake with respect to what we observed in aqueous solutions [28].

We hypothesized that this can be due to two different reasons: on one hand it could be due to an
increased affinity of phenols contained in the OMW with the adsorbent; on the other hand, it could
be due to the presence of oil in the OMW, which could cause the swelling of the PDMS/oxMWCNTs
sponge [30,33] thus favoring the diffusion of the mixture inside the adsorbent phase. To verify the
first hypothesis the PDMS/oxMWCNTs sponge was dipped in two different solutions containing two
different PCs, namely 4-nitrophenol and phenol, for which the nanomaterial has evidenced different
affinities at the same concentration (i.e., 0.18 mM) [28]. We observed a significant increment in the
removal efficiency at equilibrium, but not in the rate of adsorption. In fact, 84% of the process is
completed in 4 h in both cases (Figure S1). Therefore, the increment in the adsorption rate was
attributed to the evident swelling of the nanocomposite in OMW (Figure 1b).

3.2. Effect of pH and Adsorbent Amount on PCs Adsorption

pH can affect both the adsorption mechanisms and the nature of soluble species’ interactions with
the adsorbents [34].

We tested the pH effect on the PCs removal from OMW with our porous nanocomposite. As visible
in Figure 2, the removal efficiency (%) increases from pH 2 to 4.8, then slightly decreases for pH values
up to 6.5 and finally decreases dramatically at higher pH, reaching a removal efficiency (%) close to
zero at pH over 10.5.

The increment in removal efficiency observed until pH of around 6.5 is mainly due to π-π
interactions. Although this mechanism is still not clear, it is well known that higher pH values can
alter the π donation strength of PCs thus causing an increase of their adsorption on the oxMWCNTs’
surface [28,35]. However, the removal efficiency decreased very fast at pHs over 6.5 with an apparent
different behavior to that observed in adsorption of PCs on oxMWCNTs in aqueous solutions [28].
A similar behavior was also reported for some PCs adsorbed by MWCNTs [35], demonstrating that
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the decreased removal efficiency of phenols for pH over their pKa could be due to the increased
electrostatic repulsion between the dissociated phenols and negatively charged oxMWCNTs. Moreover,
the dissociation of the PCs would increase their hydrophilicity, thus decreasing their adsorption.
Consequently, the observed trend can be explained by the fact that most of the PC constituents of
OMW are deprotonated at higher pH, due to their pKa lower than 5 (Figure 3) [36]. This suggests also
that the adsorption of different type of phenols could be achieved at different pHs.Water 2020, 12, x FOR PEER REVIEW 5 of 14 
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Figure 3. The major constituents of OMW. The common name and the pKa value are reported under
each compound.

Figure 4 shows the removal efficiency (%) and adsorption capacity (qe) of phenols in OMW as
a function of the PDMS/oxMWCNTs sponge amount in the given conditions. It is evident that an
increase in sponge amount in the mixture results in an obvious increase in the phenol adsorption
percent. With the increase in PDMS/oxMWCNTs amount from 4 to 10 g/100 mL, the phenol removal
efficiency increased rapidly from 20.2 to 35.5%. This was intuitively due to the increase in the number
of adsorption sites with the increase in the sponge amount. The results indicated that it was possible to
remove phenols completely from OMW when there was a high enough PDMS/oxMWCNTs sponge
amount in the mixture. On the other hand, the qe was high at low doses and reduced at high doses,
thus suggesting that some adsorption sites remain unsaturated during the adsorption process [3,37–40].

The results of this section also indicated that, in order to obtain the optimal adsorbent dosage,
higher initial phenol concentrations should be tested in conjunction with appropriate adsorbent dosage
depending on the concentration of phenolic compound in OMW [37,38].
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3.3. Adsorption Isotherms and Thermodynamic Parameters

Several models have been used to describe adsorption equilibrium, among which the Freundlich
and the Langmuir models are the most frequently used.

The Freundlich isotherm [41] describes a reversible process in which the adsorption can occur
through homogeneous and/or heterogenous interactions.

The linear form of the equation is:

log qe = log KF +
1
n

log Ce (3)

where KF is the Freundlich constant representative of the adsorption capacity of adsorbent and
n describes the strength of adsorption. An R2 of 0.80 was obtained by linear fitting (Figure S2),
evidencing that the model did not describe well the experimental data, thus being in contrast with
what was observed in aqueous solutions [28]. We ascribe this behavior to the complexity of OMW in
which other interferences species can influence the adsorption mechanisms.

Experimental data were also fitted with the Langmuir theory [42], which is valid for monolayer
adsorption onto surfaces with homogenous binding sites.

The linearized form of the isotherm is:

Ce

qe
=

1
KLqmax

+
Ce

qmax
(4)

where KL (L/mg) is the Langmuir constant and is representative of the affinity of the sorbate for the
sorbent and qmax (mg/g) is the maximum adsorption capacity.

The R2 value higher than 0.99 suggests that the model is more appropriate to describe the
adsorption process. From the fitting, a qmax of 4.39 mg/g was found. The dimensionless equilibrium
parameter (RL) was calculated as in Equation (5) at different concentrations of PCs.

RL =
1

1 + KLC0
(5)

The results summarized in the table of Figure 5 evidenced that the RL value is always comprised
between 0 and 1, confirming the high affinity of PDMS/oxMWCNTs sponge for phenols contained
in OMW [3].
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The obtained results were compared with other sorbents used for the same purpose (Table 1).
The highest values were reached with wheat bran and banana peel [3,37]. However, it should be pointed
out that in this work the adsorption capacities are calculated per gram of sponges and not per gram
of oxMWCNTs. This is important since the adsorption of PCs is exclusively due to the oxMWCNTs.
Therefore, calculating the qmax considering only the grams of oxMWCNTs a value of 454.55 mg/g is
obtained, which is comparable with the most efficient materials. Moreover, the PDMS/oxMWCNTs
sponge has the advantages of being user-friendly and easy to manipulate during all the steps of the
waste treatment.

Table 1. Langmuir constants for PCs adsorption from various absorbents reported in literature.

Adsorbent qmax (mg/g) KL (L/g) References

PDMS/oxMWCNTs 4.39 (454.55) 0.014 This work
Banana peel 688.9 0.24 [3]
Wheat bran 487.3 0.13 [37]

Olive pomace 11.40 0.005 [43]
Activated carbon coated with milk protein 246.45 9.1 [44]

Activated carbon 268.17 0.14 [45]

From the variation of KL values with temperature we calculate the Gibbs free energy (∆G◦) of
adsorption, enthalpy (∆H◦), and entropy (∆S◦) using the following equation:

∆G
◦
= −RT ln(KLD) (6)

and the van’t Hoff equation:

ln(KLD) = (
∆S

◦

R
) − (∆H

◦

RT
) (7)

in which R is the gas constant (8.314 J/(mol K)), T is the temperature expressed in Kelvin, and KLD is
obtained by multiplying KL by 1000 [46,47].

The van’t Hoff plot of ln(KLD) against 1/T evidenced a good linearity with an R2 = 0.96 and both
∆H◦ and ∆S◦ were calculated (Figure 6). The negative values of ∆G◦ suggests that the process occurs
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spontaneously. The positive value of ∆H◦ represents an endothermic reaction while values of ∆S◦
higher than zero evidenced that the randomness increased at the solid liquid interface due to the high
affinity of the sorbent for the PCs [46].
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3.4. Kinetic of the Adsorption Process

To elucidate the adsorption mechanisms in OMW, adsorption kinetics have been evaluated.
The mechanism of the adsorption strongly depends on the physical and chemical characteristics of
the adsorbent as well as on the mass transport process. Pseudo-first-order and pseudo-second-order
equations were examined in this study.

The pseudo-first-order equation [48] is represented by the following equation:

ln(qe − qt) = ln qe − k1t (8)

in which qt is relative to the number of PCs adsorbed (mg/g) at any time t (h), and k1 (h−1) is the
equilibrium rate constant of pseudo-first-order sorption. By plotting ln(qe − qt) against t a straight line
should be obtained with slope −K1 and intercept lnqe.

The pseudo-second-order equation [49] is expressed in the form:

t
qt

=
1

k2q2
e
+

t
qe

(9)

in which k2 is the rate constant of the pseudo-second-order equation (g/g h). The rate constant (k2) and
the equilibrium adsorption capacity (qe) can be obtained from the slope and the intercept of the plot of
t/qt versus t. The experimental data fitted with both the models are reported in Figure 7.

It is evident that pseudo-second-order kinetic model better describes the experimental data
(R2 > 0.99), thus suggesting that chemical sorption, mainly due to π-π interactions [28], occurs between
the PCs and PDMS/oxMWCNTs sponge [3]
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3.5. Intraparticle Diffusion Model

The pseudo-first-order and the pseudo-second-order models can explain the adsorption process,
but are not useful to identify the diffusion mechanisms.

qt = kpt1/2 + C (10)

kp is the rate constant of intraparticle diffusion model and C is a constant for any experiment (mg/g).
By plotting qt versus t1/2 (Figure 8) two linear ranges were observed and ascribed to at least two
different diffusion mechanisms of adsorption.

The lower value of kp2 with respect to kp1 (with kp1 and kp2 representing kp values for step I and
II, respectively) indicated that the free path available for diffusion of PCs inside the sponge became
smaller, thus causing the reduction of the diffusion rate [50]. It can be hypothesized that firstly
the adsorption occurs on the most accessible sites on the oxMWCNTs surface. Once these sites are
saturated, the PCs entered into smaller pores and/or reached the binding sites in the interstitial space
between oxMWCNTs, causing a decrease in the diffusion rate [28,32,51].

Interestingly, more than 95% of the total adsorption process occurs at the faster step. Moreover,
a higher Kp value in the first step was obtained with respect to that obtained in aqueous
solutions [28], thus confirming that the swelling of the sponge in OMW can speed up the entire
adsorption process [30,33].
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3.6. Desorption and Reusability Studies

Since the chemisorption process occurs between phenols and oxMWCNTs, adsorbed compounds
can be removed with an acidic treatment [28]. After the first adsorption process, the PDMS/oxMWCNTs
sponges were washed in 10% acetic acid at 60 ◦C to break the π-π interactions. The washing procedure
permits the solubilization of most of the adsorbed PCs (~99%) (Figure 9, blue columns), which can thus
be used in phenolic-enriched foods after simple further purification steps. Furthermore, the sponge can
be reused without losing its adsorption capacity, confirming the high stability of the nanocomposite
despite the swelling process. This suggests the possibility to use the nanocomposite for an higher
number of adsorption/desorption cycles, thus permitting the decrease of costs for the treatment of
OMW with higher phenols concentrations and the complete purification of the waste that can thus be
used for fertirrigation [9].
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4. Conclusions

The present work describes the application of spongeous nanocomposites made of PDMS and
oxidized MWCNTs for the adsorption of phenols from olive mill wastewater. The MWCNTs loading was
performed with a straightforward method without the use of complex procedures. The oxidation of the
nanomaterial was performed directly on the sponge, simplifying the post-treatment and speeding up the
whole fabrication process. The entrapped nanomaterials were stable and evidenced good adsorption
capacity compared to other systems. The pH of the OMW and pKa of the phenolic compounds
can influence the removal efficiency of the nanocomposites. By the evaluation of thermodynamic
parameters, we observed that the adsorption process is spontaneous and with a high affinity for
the phenolic compounds. The adsorption process in OMW is described by the Langmuir isotherm,
suggesting the formation of a monolayer on the nanomaterial surface and evidencing a different
behavior of the nanocomposites with respect to what happens in standard aqueous solutions in which
the formation of a PCs heterogeneous multilayer on an adsorbent surface was observed. It is also
interesting to note that the presence of complex matrices such as OMW can speed up the entire
adsorption process (more than 95% of the adsorption is completed in less than 4 h) with respect to
standard aqueous solution. We ascribed this behavior to the presence of a small amount of oil inside
the OMW that can promote the swelling of the sponge and the diffusion of the mixture inside the
polymeric matrices. This is interesting since the oil seasonal production required the fast processing
of OMW.

The nanocomposite can thus be easily used to work in batch conditions. This could be useful for a
real application of the system. After its production, OMW is stored in a big tank in which the spongeous
nanocomposites can be added for the adsorption process. Thus, the nanocomposite can be used directly
in situ. In this view, the entrapment of oxMWCNTs adsorbent in a porous polymeric matrix represents
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a significant advantage; in this way, post-treatment processes, such as filtration and/or centrifugation,
are not required to remove the adsorbent phase after the adsorption process, decreasing the time and
the costs of the treatment. Moreover, the nanomaterial can be easily handled and disposed in a safe
way without the use of specialized personnel. The surface of the nanomaterial can be regenerated
with a mild treatment with diluted acetic acid. On one hand this permits us to further decrease the
costs of production in wastewater treatment. On the other hand, the adsorbed phenolic compound
can be easily desorbed from the sponge and can be used, after small further purification, to produce
phenolic-enriched food due to its health benefits ranging from reduced incidence of cardiovascular
disease, diabetes, and cancers. Furthermore, the treated OMW can be a useful source for fertirrigation.
This could permit us to transform a waste product to a resource, especially for the regions of the
Mediterranean area in which is concentrated most of the world’s production of olive oil. Moreover,
the reusability of the material can be useful for OMW with high concentration of phenols that needs
repetitive cycles of purification.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/12/3471/s1,
Figure S1: Normalized removal efficiency % data to 0–1 range on the maximal value after 4 h of the uptake process
and removal efficiency % at equilibrium for an aqueous solution of phenol and 4-nitrophenol. Figure S2: Fitting of
experimental data with linearized Freundlich isotherm model for phenols in OMW (R2 = 0.8).
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Abstract: In this study, sepiolite was modified by calcination (200 ◦C) and cetyltrimethylammonium
bromide (CTMAB) treatment. Though the specific surface area sharply declined, the adsorption
amount of Acid Orange II (AO), Reactive Blue (RB), Acid Fuchsin (AR) and their mixed solution
were improved. The morphology of modified sepiolite showed a better dispersibility and looser
structure. The adsorption performance was highly impacted by the pH condition and adsorbent
dosage. The electrostatic attraction of positively charged adsorption sites on the adsorbent surface
and the negatively charged anionic dye could enhance the adsorption amount especially under acid
condition. The order of preferentially adsorbed dye was AO > RB > AR. The adsorption process was
much correlated to the quasi-second-order reaction kinetics. The adsorption amount and equilibrium
amount of single dye system, as well as in the mixed system were in accordance with the Langmuir
model and extended Langmuir isotherm.

Keywords: anionic dye; cetyltrimethylammonium bromide; sepiolite; two-step modification; adsorption

1. Introduction

Synthetic dyes are common pollutants in industrial wastewater. They are stable, highly soluble and
when enter in the water bodies present environmental hazards and potential threats to health [1]. Some of
the azo dyes have been found to be carcinogenic, sensitizing and reproductive to humans; some of the
triarylmethane dyes are also carcinogenic and have long-term adverse effects in the aquatic environment;
some of the anthraquinone dyes are chemically stable and refractory to biodegradable [2–4]. Hence,
Acid Orange II (azo dye), Reactive Blue (anthraquinone dye) and Acid Fuchsin (triarylmethane dye)
were employed in this study to investigate the various kinds of dye.

The treatment methods for dye-bearing wastewater include physical methods, chemical methods
and biological methods [5–11]. Among them, adsorption decolorization is the most effective method [12].
According to the different interaction forces between the adsorbate and the adsorbent, the adsorption
can be divided into physical adsorption and chemical adsorption [13]. The physical adsorption is
caused by the intermolecular force (Van der Waals force) [14]. Chemical adsorption was caused by
the formation of chemical bonds or surface coordination compounds by adsorbate molecules and
adsorbents by means of ion exchange, electron transfer and electron pair sharing [15,16].

Sepiolite is a hydrous magnesium silicate with a fibrous cross-section [17,18]. The merits of sepiolite
were low thermal conductivity, high salt resistance, non-polluting, environmentally friendly [19]. It has
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been widely used in various fields due to the special structural properties and low cost. In China,
the sepiolite was presented with two types, hydrothermal type and clay type. The clay type is
mainly distributed in Hunan province [17]. The water in sepiolite mainly exists with three forms,
adsorbing water, coordinating water and hydroxyl water, in which the adsorption water enters the
sepiolite pores, the coordinating water is mainly bound by Mg2+ and the hydroxyl water exists as
OH group [20]. The structure of sepiolite was greatly impacted by the bound water, especially after
heated [21]. The three forms of water are gradually lost and the structure of sepiolite will change
differently at various temperatures. Serna et al found that the adsorbed water in the sepiolite pores
was mainly lost and the specific surface area of the pores was increased at 25~250 ◦C, but the structure
of the sepiolite is folded when the temperature was higher than 300 ◦C [22].

The adsorbent generally has the following characteristics, large specific surface area, suitable pore
structure and surface structure, high adsorption capacity, no chemically react with the medium,
good mechanical strength, etc. [19]. The sepiolite, a fibrous hydrous magnesium silicate, has been widely
explored as an adsorbent by two reasons: suitable specific surface area; low price, only 20–30 dollars
per ton in China. There are three kinds of adsorption active sites from sepiolite: oxygen atom in silicon
tetrahedron, water molecules coordinated with magnesium ions, which can form hydrogen bonds
with adsorbate and Si-OH combination, formed after the destruction of Si-O-Si.

In order to further improve the adsorption performance of sepiolite, modifications such as thermal
acid treatment, surfactant organic and inorganic modifications have been employed [11]. Mahir Alkan
et al found thermally modification at 200, the highest adsorption amount was obtained [23]. A wider
temperature range of the sepiolite modification was reported by Jiquan Wang et al [24]. The surfactant
modification also attracts researcher’s attention. Bulent Armagan et al used an organic modification
method of natural sepiolite with cetyltrimethylammonium bromide to investigate its adsorption
property for anionic dyes (active black, reactive red, active yellow) [25].

In this study, to improve the adsorption property of sepiolite, a combination of heat and surfactant
modification method was applied. To confirm the success of this combined method, unmodified and
modified forms of sepiolite were characterized by BET, XRD, XPS, FT-IR and SEM. On the other hand,
this study also focused on the adsorption performance and mechanism of mixed dye system with
modified sepiolite since the kinetics and thermodynamics of two-component and three-component
solution were much more complicated. Hence, the three dyes, Acid Orange II, Reactive Blue and
Acid Fuchsin were employed as target adsorbate with single, two-component and three-component
solution type.

2. Method and Material

2.1. Materials

In this study, the original sepiolite was obtained from Guangda sepiolite company (Hunan
province, China). The three dyes, Acid Orange II (AO), Reactive Blue (RB) and Acid Fuchsin
(AR) was purchased from Sigma company and the detail information can be found in previous
work [26–28]. The Cetyltrimethylammonium bromide (CTMAB), with the formula of C16H33(CH3)3NBr,
was purchased from Tianjin Bodi Chemical company. The chemical agents were all above analytical
grade in this work. To compare the adsorption amount and specific surface area, commercial powder
activated carbon (granularity of 180–220 µm) purchased from Xingyuan company (Hunan province,
China) was utilized.

2.2. Preparation of Organically Modified Sepiolite

Before the modification process, the sepiolite was first settled and purified, then dried in an oven
at 120 ◦C and sieved with a 100 mesh. The sepiolite was calcined under 200 ◦C for 2 h in a muffle.
Then, the sepiolite was immersed into CTMAB-saturated solution for 8 h. To remove the CTMAB
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solution, the modified sepiolite was repeatedly cleaned and settled. Finally, the modified sepiolite was
placed into a 60 ◦C vacuum oven for 24 h.

2.3. Dye Concentration Determination and Adsorption Test

In this study, a multiple linear regression method was used to process the data. When the
photometric system satisfied the linear sum of absorbance, the concentration of each component can
be obtained by solving linear equations. Suppose dye wastewater contains dyes with n different
absorbance components without mutual react. The sum of the absorbance of each single-component
dye is the total absorbance of the mixed dye. It is measured at different wavelengths according to Beer-
Lambert law. The absorbance of the mixed dye can be expressed by Equation (1).

∣∣∣∣∣∣∣∣∣∣∣

A1

A2

. . .
An

∣∣∣∣∣∣∣∣∣∣∣
=

∣∣∣∣∣∣∣∣∣∣∣

k11k12 . . . k1m
k21k22 . . . k2m

. . .
kn1kn2 . . . knm

∣∣∣∣∣∣∣∣∣∣∣

∣∣∣∣∣∣∣∣∣∣∣

C1

C2

. . .
Cm

∣∣∣∣∣∣∣∣∣∣∣
(1)

where Ai and ai presents the absorbance at λi, kij was the absorption coefficient of the jth component
at wavelength λi and Ci is the concentration of the ith component in the sample. To determine
the concentration of individual dye, the mixed solution was scanned in the wavelength region of
594–474 nm; the results of dye concentration were calculated using MATLAB software.

A lab scale static adsorption experiment was utilized to investigate the adsorption performance
of modified sepiolite with the dye system. A beaker with 300 mL target solution was employed in
the experiment. The adsorption test was conducted with 2 g/L sepiolite and 200 mg/L dye solution
for 240 min under pH value of 1, oscillation rate of 180 r/min and 25 ◦C. Considering the effect of pH
and adsorbent dosage on adsorption performance, pH range from 1 to 9, dosage range from 0.5 to
5 g/L were utilized. For the mixed dye system, for instance, the RB+AO+AR represents mixed dye of
200 mg/L RB, 200 mg/L AO and 200 mg/L AR, the RB+AO represents mixed dye of 200 mg/L RB and
200 mg/L AO. AO (RB + AO + AR) means the concentration of AO in the three-component system.

After the determination of fixed dye, the decolorization percentage and adsorption amount were
calculated by Equations (2) and (3).

η =
(C0 −Ce)

C0
× 100% (2)

q =
(C0 −Ce)

m
V (3)

where η and q are the percentage of decolorization and adsorption amount of fixed dye, respectively,
C0 and Ce are the initial and final concentration of fixed dye, V is the dye solution volume and m is the
weight of the sepiolite. In order to ensure the accuracy of the test data, each group of experiment was
repeated at least 3 times.

2.4. Adsorption Kinetics and Thermodynamics

The kinetic characteristics of mixed dye removal with sepiolite adsorption were discussed by
using the quasi-first-order and quasi-secondary kinetics models. The mathematical expressions
of quasi-first-order and quasi-secondary kinetic models were listed in Equations (4) and (5),
respectively [29].

quasi-first-order model
ln(qe − qt) = ln qe − k1t (4)

quasi-secondary-order model

(
1
qt
) =

1
k2q2e

+
1
qe

t (5)
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where qe and qt represent the amount of fixed dye adsorbed by the unit mass adsorbent after equilibrium
and at the moment t, k1 and k2 represent the adsorption rate constant of the quasi-first-order reaction
kinetic equation and the quasi-second-order reaction kinetic equation.

The thermodynamics characteristics of dye solution adsorption were discussed by Langmuir linear
fitting model. The mathematical expression of the thermodynamics model was listed in Equation (6).

Langmuir linear fitting model
Ce

qe
=

1
qmaxKL

+
Ce

qmax
(6)

where qe is the balanced amount of adsorption, qmax is the saturated adsorption capacity of a single
layer, ce is the balanced mass concentration of the dye, KL is the adsorption equilibrium constant in
Langmuir linear fitting model.

In the two-component system, the Langmuir fitting model was transformed to
Equations (7) and (8) [30,31]. Where the subscript 1 and 2 present component 1 and component
2 in the mixed system. In this extended Langmuir model, the ce1

qe1
shows linear correlation with ce1

and qe2ce1
qe1

.
Ce1

qe1
=

1
qmax1KL1

+
Ce1

qmax1
+

qe2Ce1

qe1qmax2
(7)

Ce2

qe2
=

1
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+
Ce2

qmax2
+

qe1Ce2

qe1qmax2
(8)

In the three-component system, the Langmuir fitting model was transformed to
Equations (9)–(11) [30,31]. Where the subscript 1, 2 and 3 present component 1, component 2
and component 3 in the mixed system. In this extended Langmuir model, the Ce1

qe1
shows linear

correlation with Ce1, qe2Ce1
qe1

and qe3Ce1
qe1

.
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1
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+
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+
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+
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=

1
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+
Ce3
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+
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+

qe2Ce3
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2.5. Characterization

A Brunner–Emmet–Teller (BET, QuadraSorb SI, Quantachrome, USA) was utilized for the
measurement of specific surface area [32]. An X-ray diffraction spectrometer (D8-Advance, Burke,
Germany) was employed for X-ray diffraction spectroscopy (XRD) test [33]. The tube pressure was
20 KV, the scanning range was 5–60◦ and the scanning speed was 0.02◦/0.2 s [34]. A Fourier-transform
infrared spectrometer (Spectrum One B, Perkin Elmer, USA) was used to detect the Fourier-transform
infrared spectroscopy (FT-IR) [33]. A scanning electron microscopy (Quanta 200, FEI, Hillsboro, OR,
USA) was employed to observe the feature of modified sepiolite [35].

3. Result and Discussion

3.1. Characterization of Modified Sepiolite

Figure 1a shows that the adsorption capacity of calcined sepiolite and modified sepiolite were
much higher than that of sepiolite ore. The adsorption capacity obviously improved from 45.28 mg/g to
74.82 mg/g and 78.66 mg/g after calcination and CTMAB modification, respectively. The previous study
had reported that the calcination process at a suitable temperature range could enhance the adsorption
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amount of sepiolite, but the enhancement was undermined at too high temperature. Moreover organic
modification could further improve the adsorption capacity.

Figure 1. Comparison of Acid Orange II (AO) adsorption amount (a) and specific surface area (b) of
different adsorbents.

Figure 1b shows that the specific surface area of calcined sepiolite was slightly increased,
but significantly declined after surfactant modification. Though the specific surface area of CTMAB
modified sepiolite highly decreased, the adsorption amount was nearly twice when compared to the
sepiolite ore. The decrease of electrostatic repulsion of the adsorption site by CTMAB was the reason
for adsorption enhancement. Another interesting point was the adsorption amount of organically
modified sepiolite was comparable with the powdered activated carbon (PAC), but the specific surface
area of PAC was forty times large than the modified sepiolite [36]. This suggests that the specific
surface area was not in line with the adsorption capacity, the property of valid adsorption site was the
key factor for adsorption performance.

Figure 2a shows that the characteristic dispersion peak of sepiolite at 2θ value of 9.4/9.44 was
significantly strengthened after CTMAB modification and no significant changes occurred at other
characteristic peak positions. On the other hand, the diffraction peak of the quartz also enhanced
after the surfactant modification, which was different with previous report [34]. The d001 value of
modified sepiolite was slightly increased to 0.9365 nm, which indicate that the CTMAB intercalated
into the sepiolite.

The FT-IR spectrums of original sepiolite, modified sepiolite and modified sepiolite after adsorption
saturated are shown in Figure 2b. The 3670 cm−1, 3622 cm−1, 3411 cm−1 and 1796 cm−1 peaks
corresponding to the stretching vibration of O-H bond existed, which reflects the structure of the
sepiolite itself. The peak at 3670 cm−1 is the stretching vibration of OH (belonging to Mg-OH) which
coordinated by the Mg ion octahedron in the sepiolite pore channel. The peak at 3622 cm−1 is the
crystal water with weak hydrogen bonding and peak at 3411 cm−1 is the stretching vibration of
the hydroxyl group adsorbing water. The vibration at 1030 cm−1 is the stretching vibration of the
Si-O group and the absorption band near 796 cm−1, 669 cm−1 and 471 cm−1 belong to the bending
expansion vibration of Si-O and Mg-O in the octahedron. When comparing the spectra of original
sepiolite and modified sepiolite, the Si-O and Mg-O stretching vibration peaks of the organically
modified sepiolite were enhanced and the peaks at 2920 cm−1, 2856 cm−1 and 1420 cm−1 appeared [37].
The peaks at 2920 cm−1 and 2856 cm−1 were corresponding to the stretching vibration of CH3

and CH2 from CTMAB, while 1420 cm−1 represented the vibration of the C-N. This indicates that
cetyltrimethylammonium bromide was electrostatically coated on the surface of sepiolite, which could
change the surface of sepiolite from hydrophilic to lipophilic [38]. When comparing the spectra before
and after adsorption, the characteristic peak (1500–1600 cm−1) of AO appeared on the sepiolite after
adsorption, which indicates the surface adsorption distribution occurs during the adsorption process.
The XPS spectrum (Figure 2c) shows that the characteristic peaks of Mg and Si decreased while the
characteristic peak of C enhanced after CTMAB modification.
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Figure 2. (a) X-ray diffraction spectrum of original sepiolite, modified sepiolite and modified sepiolite
after adsorption saturated; (b) Fourier-transform infrared spectrum of original sepiolite, modified
sepiolite and modified sepiolite after adsorption saturated; (c) X-ray photoelectron spectrum of original
sepiolite, modified sepiolite and modified sepiolite after adsorption saturated; (d) Isoelectric point of
original sepiolite and modified sepiolite.

The isoelectric point of the sepiolite before and after the modification was shown in Figure 2d.
The isoelectric point changed from 9.62 to 9.87 after modification, which indicates that the isoelectric
point value of the surface increased and the surface was positive charged. The isoelectric point is
important when investigating the effect of pH on the adsorption effect. When the solution pH is
lower than the isoelectric point, the surface of the adsorbent was positively charged. At lower pH
condition, the surface of the sepiolite was combined with H+ and the surface was positively charged,
while at higher pH condition, the surface of the sepiolite was combined with OH− and the surface was
negatively charged.

M − OH + H+→MOH2
+

M − OH + OH−→MO−H2O

The morphology images confirm that the original crystal structure of the sepiolite was retained
after the modification process. Better dispersibility and looser morphology were obtained after
modification. The diameter of the fiber increased and the gap between the layered structure was
cleaner and smoother (Figure 3a,b).
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Figure 3. SEM image of original sepiolite (a) and modified sepiolite (b).

3.2. Effect of the Operation Condition on Adsorption Performance

It can be seen from Figure 4a that the removal efficiency of AO and AR by modified sepiolite
declined with the increase of pH, which probably because the anionic dye is more protonated under
acidic condition [23]. The negatively charged anionic dye could attracted on the positively charged
adsorption sites by electrostatic attraction [39]. When OH− increased, the anionic dye and OH−
had competitive adsorption [40]. That is also in accordance with the result from Figure 2. In the
two-component and three-component mixed solution, the removal efficiency of each dye was basically
as same as that of single dye system. The decolorization efficiency of the single component dye in
the multi-component system was lower than that of the single dye system. The reduction degree of
removal efficiency was AR > AO > RB. For instance, the removal efficiency of AR in a single dye
system was 96.5%, while reduced to less than 30% in the meta-mixing system and the three-component
mixed system.

It can be seen from Figure 4c,d that the removal efficiency of each dye was basically the same
during the fixed adsorption condition in single dye system. When the dosage was 3 g/L, the removal
efficiency of the three dyes were all 100%. In the mixed dye system, the decolorization behavior of
the three dyes was distinct compared to the single dye system. When the dosage of adsorbent was
2 g/L, the decolorization efficiency of AO, RB and AR decreased from 97.48%, 94.49% and 93.6% in the
single dye system, to 40.09%, 40.62%, and 15.36% in the three-component system. The decolorization
efficiency of AR was rapidly decreased compared with the RB and AO. In the three-component system,
when the dosage was lower than 2 g/L, the decolorization efficiency of AO and RB was maintained at
the same level and much higher than AR. While the removal efficiency of AO and AR increased rapidly
when increasing the adsorbent dosage. This indicates that the AO and RB were preferentially adsorbed.
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Moreover, the AO was preferentially adsorbed in the two-component system of AO and RB. The above
results indicate that AO had the characteristics of preferential adsorption in the two-component system.
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Figure 4. Effect of pH and adsorbent dosage on the Acid Orange II (AO), Reactive Blue (RB) and
Acid Red (AR) adsorption performance. In (a) and (b), the adsorption test was conducted with 2 g/L
modified sepiolite; In (c) and (d), the adsorption test was conducted under initial pH value of 1.

3.3. Adsorption Kinetics and Thermodynamics

Figure 5a is the kinetic process of the one-component and three-component mixed system. In the
single dye system, the adsorption of dyes by the organic modified sepiolite reached equilibrium at
120 min; the adsorption amount of the single dye is sorted as: AO > RB > AR. In the three-component
system, the adsorption reaction was also quickly balanced. The rapid reaction of dye and adsorbent
may be due to the fact that the total concentration of the anionic dye in the three-component system
was larger than the one-component system. On the other hand, the adsorption amount of the three
anionic dyes in the three-component mixed system was reduced. Figure 5b is the kinetic curve of
the two-component mixed system; the adsorption also reached equilibrium in a short time. The AR
appears desorption in the mixed system, which may because the decrease of the valid sites of the
adsorbent after the adsorption reached saturation, while the RB and AO had a competitive advantage
and the “substitution effect” occurred [23]. That is, the RB and AO replaced AR from the adsorption
site during competitive adsorption.

Since the adsorption kinetics is very fast, most of the experimental data points belong to the steady
state, which may skew the mathematical modelling of the adsorption dynamics. It can be seen from
Figure 6 that the correlation of the quasi-second-order reaction kinetics fitting was much better than
the first-order reaction kinetics fitting; the data in Table 1 also verified. The coefficient of determination
of quasi-second-order fitting was between 0.97–0.99, while the coefficient of determination of the
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quasi-first-order reaction kinetics was lower than 0.85. The adsorption amount is also consistent with
the rate constant, which indicates that the rate constant may have a certain relationship with the
adsorption amount. The adsorption rate of the single dye was sorted as AO > RB > AR.

Figure 5. Effect of adsorption duration on the Acid Orange II (AO), Reactive Blue (RB) and Acid Red (AR)
adsorption performance. (a) one component and three component system; (b) two component system.

Water 2020, 12, x FOR PEER REVIEW 10 of 15 

 

0 60 120 180 240 300 360

0

20

40

60

80

100

A
d
so

rp
ti

o
n
 a

m
o
u
n
t 

(m
g
/g

)

time(min)

 AO      RB     AR

 AO(RB+AR+AO)  

 RB(RB+AR+AO)  

 AR(RB+AR+AO)

a

0 60 120 180 240 300 360
0

20

40

60

80

100
A

d
so

rp
ti

o
n
 a

m
o
u
n
t 

(m
g
/g

)

time (min)

 RB(RB+AR)     RB(RB+AO)     AR(RB+AR)

 AR(AR+AO)    AO(RB+AO)     AO(AR+AO)

b

 

Figure 5. Effect of adsorption duration on the Acid Orange II (AO), Reactive Blue (RB) and Acid Red 

(AR) adsorption performance. a) one component and three component system; b) two component 

system. 

Since the adsorption kinetics is very fast, most of the experimental data points belong to the 

steady state, which may skew the mathematical modelling of the adsorption dynamics. It can be seen 

from Figure 6 that the correlation of the quasi-second-order reaction kinetics fitting was much better 

than the first-order reaction kinetics fitting; the data in Table 1 also verified. The coefficient of 

determination of quasi-second-order fitting was between 0.97–0.99, while the coefficient of 

determination of the quasi-first-order reaction kinetics was lower than 0.85. The adsorption amount 

is also consistent with the rate constant, which indicates that the rate constant may have a certain 

relationship with the adsorption amount. The adsorption rate of the single dye was sorted as AO > 

RB > AR. 

0 100 200 300 400

-6

-4

-2

0

2

4

6

ln
 (

q
e-q

t)

time (min)

a

0 100 200 300 400

0

1

2

3

4

5

t/
q

time (min)

b

 

Figure 6. (a) fitting of experimental data with quasi-first-order reaction kinetics; (b) fitting of
experimental data with the quasi-second-order model. The adsorption test was conducted with
2 g/L modified sepiolite and 200 mg/L dye solution for 240 min under oscillation rate of 180 r/min
and 25 ◦C.
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Table 1. The adsorption kinetics model with various dyes, the adsorption test was conducted with
200 mg/L Acid Orange II and 2 g/L modified sepiolite under oscillation rate of 180 r/min and initial pH
value of 1.

Solution
Quasi-First-Order Reaction Kinetics Model Quasi-Secondary Reaction Kinetics Model

q1e
(mg/g)

k1
(1/min) R1

2 q2e
(mg/g)

k2
(1/min) R1

2

RB 21.62 2.42 × 10−2 0.85 95.24 4.53 × 10−3 0.99
AO 14.65 2.61 × 10−2 0.79 98.14 5.36 × 10−3 0.99
AR 22.01 1.93 × 10−2 0.80 94.70 2.91 × 10−3 0.99

RB + AR 79.46 1.61 × 10−2 0.61 107.30 8.6 × 10−2 0.97
RB + AO 1.84 1.59 × 10−3 0.23 104.17 1.10 × 10−2 0.99
AO + AR 22.53 1.00 × 10−2 0.28 115.61 7.09 × 10−2 0.99

RB + AO +
AR 3.39 5.09 × 10−3 0.56 87.18 1.42 × 10−1 0.99

Figure 7 shows the adsorption isotherms of three anionic dyes in single dye systems,
two-component and three-component mixed system. In the single dye system, the amount of
adsorption increased rapidly as the initial concentration increased until reached saturation and
equilibrates. According to the shape of the adsorption isotherm, it is preliminarily determined that the
adsorption of the single dye conforms to the Langmuir model; the adsorption of the dye on the sepiolite
is single layer adsorption. In the two-component and three-component system, the adsorption isotherm
of each dye is not followed a regular Langmuir model [24]. For example, in the three-component mixed
system, the adsorption amount of AR and RB decreased with the increase of initial concentration.
This trend mainly because of the competitive effect in the adsorption process.

Figure 7. Adsorption isotherm with various dyes. To ensure the adsorbed saturation, the adsorption
test was conducted at least 4 h at a certain temperature in a constant temperature oscillating box. (a) one
component and three component system; (b) two component system.
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Though Langmuir, Freundlich linear fitting model and intraparticle diffusion are the means
to discuss the adsorption isotherm, previous work provided that monolayer adsorption was the
main adsorption mechanism during and mixed dye adsorption process [30,31]. Hence, the extended
Langmuir model was utilized in this study. As can be seen from Table 2, the saturated adsorption
capacities of AO, RB and AR were 119 mg/g, 115 mg/g and 110 mg/g, respectively. The adsorption
amount of sepiolite to each dye in the mixed system was lower than that from the single system.
For instance, when the AO was mixed with RB or AR, its adsorption capacity decreased by 41.2%
and 2.1%, and decreased by 58.8% in the three-component mixed system. In the two-component
mixed system, the presence of AR had little effect on the adsorption amount of other dyes, and the
amount of adsorption itself was minimized in the competitive adsorption process. The decrease of
adsorption capacity in the mixed system may have the following factors: the interaction force between
the dye solutions, the change of the surface charge of the adsorbent during the adsorption process,
the competition of the dye on the active adsorption sites. The adsorption amount and equilibrium
amount of single dye system, as well as in the mixed system, were in accordance with the Langmuir
model; the coefficient of determination were all over 0.99.

Table 2. Langmuir model fitting results of modified sepiolite adsorption.

Solution
Langmuir Model

qmax (mg/g) KL (L/mg) R1
2

RB 115.0 0.32 0.99
AO 119.0 0.50 0.99
AR 110.0 0.16 0.99

RB + AR 129.9 0.34 0.99
RB in RB + AR 107.5 0.86 0.99
AR in RB + AR 26.5 0.28 0.99

RB + AO 134.9 1.55 0.99
RB in RB + AO 72.5 2.19 0.99
AO in RB + AO 69.9 1.99 0.99

AO + AR 144.9 1.00 0.99
AO in AO + AR 116.5 3.73 0.99
AR in AO + AR 46.7 3.70 0.99
RB + AO + AR 96.2 1.85 0.99

RB in RB + AO + AR 39.0 0.05 0.99
AO in RB + AO + AR 49.0 0.17 0.99
AR in RB + AO + AR 22.7 0.04 0.99

4. Conclusions

In this study, the sepiolite was modified by a two-step method, heat and surfactant modification.
The adsorbent was characterized by BET, X-ray diffraction spectroscopy, Fourier-transform infrared
spectroscopy and SEM methods. Then the impact of pH and adsorbent dosage on the one-component,
two-component and three-component dye system were comprehensively investigated. At last,
the kinetics and thermodynamics analysis were studied. The conclusions were listed as follow:

1. The adsorption amounts of Acid Orange II, Reactive Blue and Acid Fuchsin improved after
CTMAB modification process, which confirmed the applicability of the modified sepiolite in
industrial dye wastewater treatment.

2. The specific surface area of modified sepiolite was obviously decreased, but the adsorption
capacity was enhanced. The SEM image shows that the modified sepiolite has a dispersible
morphology and the gaps were clean and smooth. The characterization indicate the modification
does not deform the sepiolite structure and the CTMAB was successfully loaded.

3. Acid Orange II had the characteristics of preferential adsorption in the two-component system.
The electrostatic attraction of positively charged adsorption sites on the adsorbent surface with
the negatively charged anionic dye could enhance the adsorption amount under acid condition.
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4. The adsorption performance of one-component, two-component and three-component dye system
was in accordance with the quasi-second-order reaction kinetics and the adsorption equilibrium
time was all around 120 min.

5. The adsorption equilibrium were fitted very well to the Langmuir model and extended
Langmuir isotherm.
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Abstract: In this paper, the enhanced adsorption of methylene blue (MB) dye ion on the
activated carbon (AC) modified by three surfactants in aqueous solution was researched. Anionic
surfactants—sodium lauryl sulfate (SLS) and sodium dodecyl sulfonate (SDS)—and cationic
surfactant—hexadecyl trimethyl ammonium bromide (CTAB)—were used for the modification of AC.
This work showed that the adsorption performance of cationic dye by activated carbon modified
by anionic surfactants (SLS) was significantly improved, whereas the adsorption performance of
cationic dye by activated carbon modified by cationic surfactant (CTAB) was reduced. In addition,
the effects of initial MB concentration, AC dosage, pH, reaction time, temperature, real water samples,
and additive salts on the adsorption were studied. When Na+, K+, Ca2+, NH4+, and Mg2+ were
present in the MB dye solution, the effect of these cations was negligible on the adsorption (<5%). The
presence of NO2- improved the adsorption performance significantly, whereas the removal rate of
MB was reduced in the presence of competitive cation (Fe2+). It was found that the isotherm data had
a good correlation with the Langmuir isotherm through analyzing the experimental data by various
models. The dynamics of adsorption were better described by the pseudo-second-order model and
the adsorption process was endothermic and spontaneous. The results showed that AC modified by
anionic surfactant was effective for the adsorption of MB dye in both modeling water and real water.

Keywords: activated carbon; modification; surfactant; adsorption; methylene blue; ions effect

1. Introduction

As a cationic dye, methylene blue (C16H18ClN3S, MB) is widely used in chemical indicators,
dyes and biological dyes. A large amount of organic dye wastewater is produced in the processes of
the printing and dyeing industries. The dye wastewater has characteristics such as large discharge,
high chromaticity, high organic matter concentration, and poor biodegradability, and greatly affects
the water body health and the photosynthesis of microorganisms in the water environment [1,2].

At present, many researchers have used different methods to treat the dye wastewater [3]. Typical
treatment methods include physical, chemical, and biological methods, such as flocculation [4],
membrane filtration [5,6], advanced oxidation [7], ozonation, photocatalytic degradation [8],
and biodegradation. These traditional methods have inherent limitations [9] such as the complex and
uneconomical of nature of the technology, and thus it is necessary to seek efficient and simple dye
wastewater treatment methods [10].
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Compared with other treatment methods, the adsorption method is considered as prevailing over
other dye wastewater treatment technology due to its advantages such as high efficiency, low cost,
simple operation, and insensitive of toxic substances [11]. Activated carbon is the most commonly
used adsorbent, and is widely used to remove the organic and inorganic pollutants in water phase.

Adsorption capacity is an important index to evaluate the adsorption effect of adsorbent. Various
low-cost alternative adsorbents from agricultural solid waste, industrial solid waste, agricultural
by-products, and biomass are used in wastewater treatment. For example, clay [12], sludge [13],
montmorillonite [14], flax fiber [15], zeolite [16,17], and biochar (rice husk [18,19], pinewood [20],
wheat [21], sugarcane bagasse [22], switchgrass [23], Ficus carica bast [24]) as adsorbents have been
used for adsorption treatment of dye wastewater. However, common activated carbon is not widely
used to adsorb and remove pollutants due to its low adsorption capacity, which is caused by small
specific surface area and poor adsorption selection performance, as well as limitations of the surface
functional groups and electrochemical properties.

In many cases, it is required to modify activated carbon surface to enhance its affinity with
target pollutants and increase its adsorption capacity and improve the removal effect of pollutants
in different types of industrial wastewater. The methods used to modify activated carbon include
physical, chemical, and biological methods. As a chemical modification technology of activated carbon,
surfactant modification shows great significance. Surfactant modification for activated carbon can
improve the hydrophilicity and the dispersion of activated carbon in water due to an increase in the
affinity between activated carbon and water and the decrease of the attractive energy between particles.
Surfactant has the advantages of low cost [25] and less damage to the structure of activated carbon.
Moreover, the surfactant can change the surface charge characteristics of activated carbon and provide
more ionic adsorption sites for pollutants, which can not only enhance the adsorption capacity of ionic
pollutants on activated carbon [26], but also can promote selective adsorption.

In wastewater treatment, activated carbon modified by surfactant is used as an adsorbent to
remove various pollutants, including organic pollutants [26,27], reactive dyes [15,21,28,29], and heavy
metals [30,31]. Surfactants are classified into anionic, cationic, non-ionic, and amphoteric ions according
to the type and performance of the hydrophilic group [22]. Sodium lauryl sulfate (SLS) is a nontoxic
anionic surfactant. Much research into the effect on inorganic metal ions by activated carbon modified
by surfactant has been reported, however, the study of organic dyes adsorption by SLS-C has been
rarely reported.

Previous research has shown that activated carbon modified by different surfactants have
different effects on various water quality dye wastewater. Therefore, it is necessary to determine
how the coexistence of other ions would affect the adsorption. Meanwhile, more information is still
required in order to better understand of the adsorption behavior of methylene blue cationic dyes on
modified-activated carbon.

The feasibility of removing MB from aqueous solution by surfactant-modified activated carbon
was investigated. The purposes of the study were to (1) confirm the adsorption rate and capacity
through the adsorption models; (2) determine the various parameters that affect sorption, such as initial
dye concentration, temperature, pH, adsorbent dose, and additive salts; and (3) obtain the adsorption
effect of adsorbent in actual water samples.

2. Materials and Methods

2.1. Materials

Methylene blue (Figure 1, C16H18ClN3S) was used as adsorbent. The molar mass of MB molecule
is 319.85 g·mol−1. The surfactants used in this study were sodium lauryl sulfate (SLS, C12H25SO4Na),
sodium dodecyl sulfonate (SDS, C12H25SO3Na), and hexadecyl trimethyl ammonium bromide (CTAB).
Other chemicals used were calcium chloride (CaCl2), magnesium sulfate heptahydrate (MgSO4·7H2O),
sodium sulfate (Na2SO4), potassium chloride (KCl), sodium chloride (NaCl), sodium nitrite (NaNO2)
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and ferrous sulfate (FeSO4). All chemicals were purchased from Shanghai Aladdin Bio-Chem
Technology Co., LTD. The powdered activated carbon (AC) was purchased from Tianjin Fuchen
Chemical Reagent Co., Ltd. All the chemicals were used without any further purification.
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Figure 1. The chemical structure of methylene blue (MB).

2.2. Preparation of Surfactant-modified Activated Carbon

A total of 5 g of AC and 8.60 mM anionic surfactant SLS were added to 100 mL of solution. The
mixture was oscillated in a shaker at 301 K for 6 h, and after that, the AC was filtrated and washed with
deionized water. The filtrated AC was dried in an air-dry oven at 313 K for 24 h, and then was stored in
a sealed and dry environment. Studies have shown that the concentration of surfactant corresponding
to critical micelle concentration (CMC) is the best for adsorption [32]. It has been reported that the
critical micelle concentration (CMC) of SLS is 8.60 mM at 28◦C. The raw AC and surfactant-modified
AC were called Virgin-C and SLS-C, respectively. The surfactant sodium dodecyl sulfonate (SDS) and
hexadecyl trimethyl ammonium bromide (CTAB) were used to modify AC in the same method at the
concentration of 1 CMC, called SDS-C and CTAB-C, respectively.

2.3. Adsorption Experiments

The adsorption capacity of MB on modified AC carried out in the batch adsorption experiment by
investigating the effect of experimental variables such as pH (1–12), initial MB concentration (10, 30, 50
mg·L−1), contact time, adsorbent dosage, temperature (298, 308, 318, 328K), and ionic species. The
initial pH of the solution was adjusted with 0.1 M hydrochloric acid (HCl) and sodium hydroxide
(NaOH) solution and determined with pH meter. A certain amount of modified AC was added to a 250
mL conical flask solution containing 100 mL of solution at certain concentrations of MB. Each mixture
was oscillated at 170 r·min−1 at 25 ◦C at the given time interval. After the adsorption process, the
samples were filtered and analyzed. The reserve solution of MB (1 g·L−1) was prepared by dissolving
the suitable amount MB in distilled water. All the experiments were done in triplicate.

2.4. Analytical Methods

According to the Standard Methods of Water and Wastewater Monitoring and Analysis Method,
the absorbance of MB solution was measured by UV-visible spectrophotometer (INESA Scientific
Instrument Co., Ltd. Shanghai, China) at 664 nm, which is the maximum absorption peak of MB.
The concentration and removal rate of MB was obtained through the curve of relationship between
solution concentration and absorbance of MB (Figure S1). The pH was measured using a DZS-706A
multi-parameter meter (INESA Scientific Instrument Co., Ltd. Shanghai, China).

By measuring the absorbance of dye solution before and after treatment, the removal of MB on
SLS-C adsorbent was studied with the batch equilibrium method. On the basis of Equations (1) and
(2), the removal rate of dye in equilibrium state was calculated.

Qe =
(C0 −Ce)V

m
(1)

Removel percentage =
(C0 −Ce)

C0
× 100, (2)
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where Qe represents the quantity of dye per unit mass of adsorbent (mg·g−1); C0 and Ce are the initial
and equilibrium concentrations, respectively; V is the volume of MB dye solution in liters; and m is the
weight of SLS-C adsorbent in grams.

3. Results

3.1. Effect of Different Surfactants

Figure 2 showed the extent of adsorption of MB on AC modified with different surfactants in
aqueous solution at the initial MB concentration of 50 mg·L−1. The results showed that SLS-C represents
the highest MB adsorption capacity, followed by Virgin-C, SDS-C, and CTAB-C.
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S/L = 0.15 g·L−1, T = 298 K, pH = 5.0).

Compared with SLS-C and SDS-C, CTAB-C showed the weakest adsorption for MB dye. As a
cationic surfactant, CTAB had a repulsive force with dye cations and occupied the adsorption sites on
activated carbon, resulting in a low adsorption capacity of cationic MB dye.

Compared with the unmodified AC, surfactants loaded on activated carbon may clog the pores of
AC, which reduces its ability to adsorb MB. On the other hand, the ionic functional groups of loaded
surfactants can provide ion exchange sites with a higher affinity for MB than the unmodified AC
surface. The higher MB adsorption on SLS-C compared with Virgin-C indicated that the positive effect
of the functional group of SLS-C exceeded the negative effect of the pore blocking, whereas the lower
MB removal by SDS-C compared with Virgin-C indicated that the negative effect of the pore blocking
exceeded the positive effect of the functional group of SDS-C.

AC modified by anionic surfactants showed a strong adsorption capacity for MB dye due to the
strong binding between the anionic surfactant and the cationic MB dye. The chemical properties of
the functional groups of surfactant play an important role in adsorption. The cations attached to the
strong acid conjugate base of SLS, such as sodium ions (e.g., R-SO3

− Na+) and protons (e.g., R-SO3
−

H+), can be easily dissociated in aqueous solution and exchanged with an MB ion [27]. Therefore the
SLS-C showed high MB removal effect. The affinity between the functional group on SDS and MB
dye was weaker than that of SLS due to it being without strong acid conjugate base, which made the
adsorption effect on MB lower than SLS-C.

The possible chemical adsorption processes of MB on SLS-C are shown in Figure 3. The reactions
between MB dye cation (M+) with RSO3Na on SLS-C occurred regarding Equations (3)–(5). RSO3Na is
the active hydrophilic group of SLS and ROH represents the carboxyl, phenolic hydroxyl on AC.

RSO3Na + H+ ↔ RSO3H + Na+, (3)

RSO3Na + M+ ↔ RSO3M + Na+, (4)
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ROH + M+ ↔ ROM + H+, (5)
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Figure 3. The chemical adsorption between MB dye and the surface functional groups on sodium
lauryl sulfate (SLS)-C.

3.2. Characterization of SLS-C

FE-SEM (Field Emission Scanning Electron Microscope) was used to observe the surface of the
adsorbent. Figure 4 shows the detailed surface characteristics of the adsorbent. Figure 4a shows the
surface of Virgin-C with a small amount of carbon debris and micropore of different sizes. Figure 4b
shows the surface of SLS-C with a great quantity of pores and a large number of material debris
occupying the pores compared with untreated AC. This was due to the electrostatic interaction and
adhesion of SLS molecules. A large number of material debris occupied the pores, which could lead to
a reduction in surface area, but could provide adsorption and ion exchange sites for MB.

Water 2020, 12 x; doi: FOR PEER REVIEW 5 of 19 

 

 
Figure 3. The chemical adsorption between MB dye and the surface functional groups on sodium 
lauryl sulfate (SLS)-C. 

3.2. Characterization of SLS-C 

FE-SEM (Field Emission Scanning Electron Microscope) was used to observe the surface of the 
adsorbent. Figure 4 shows the detailed surface characteristics of the adsorbent. Figure 4a shows the 
surface of Virgin-C with a small amount of carbon debris and micropore of different sizes. Figure 4b 
shows the surface of SLS-C with a great quantity of pores and a large number of material debris 
occupying the pores compared with untreated AC. This was due to the electrostatic interaction and 
adhesion of SLS molecules. A large number of material debris occupied the pores, which could lead 
to a reduction in surface area, but could provide adsorption and ion exchange sites for MB. 

  

(a) FE-SEM-image of Virgin-C (b) FE-SEM-image of SLS-C 

Figure 4. FE-SEM pictures of (a)Virgin-C and (b) SLS-C. 

3.3. Effects of Initial Solution pH 

Figure 5 shows the variation of removal rate and adsorption capacities of MB on SLS-C at various 
pH values. As can be seen from Figure 5a, the alkaline condition was favorable for the adsorption of 
MB on SLS-C. According to Figure 5b, when the initial concentration of MB was 10, 30, and 50 mg·L−1, 
the adsorption capacities of MB were 62.67, 168.39, and 193.33 mg·g−1, respectively, at a natural pH 
value of 4.8, and the adsorption capacities of MB were 62.90, 179.78, and 220.49 mg·g−1 at a pH of 
12.00. Thus, both the MB adsorption removal rate and adsorption capacities were increased with the 
increase of pH value. 

Figure 4. FE-SEM pictures of (a) Virgin-C and (b) SLS-C.

3.3. Effects of Initial Solution pH

Figure 5 shows the variation of removal rate and adsorption capacities of MB on SLS-C at various
pH values. As can be seen from Figure 5a, the alkaline condition was favorable for the adsorption of
MB on SLS-C. According to Figure 5b, when the initial concentration of MB was 10, 30, and 50 mg·L−1,
the adsorption capacities of MB were 62.67, 168.39, and 193.33 mg·g−1, respectively, at a natural pH
value of 4.8, and the adsorption capacities of MB were 62.90, 179.78, and 220.49 mg·g−1 at a pH of 12.00.
Thus, both the MB adsorption removal rate and adsorption capacities were increased with the increase
of pH value.
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Figure 5. The adsorption rate (a) and the adsorption capacity (qe) (b) of MB adsorption on the SLS-C 
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Figure 5. The adsorption rate (a) and the adsorption capacity (qe) (b) of MB adsorption on the SLS-C
sample at various pH values (S/L = 0.15 g·L−1, contact time = 120 min, 25 ◦C).

The pH values of dye solution control the extent of ionization of the acidic and basic compounds
and affect the surface charge of SLS-C [7,33]. At lower pH, the dissociation of hydrogen ions (H+)
by oxygen-containing functional groups on SLS-C would be inhibited, and the electronegativity of
SLS-C and electrostatic attraction force between dye cation and SLS-C were relatively weak. Moreover,
the fact that the free hydrogen ions inhibited the adsorption reaction of dye cation onto AC site by
competing adsorption could lead to a reduction in MB removal rate. The increase in the concentration
of hydroxide ions in the solution made the dissociation degree of MB small, and thus the removal rate
of MB was improved as the pH value increased [34]. In addition, the dissociation degree of H+ by the
oxygen-containing functional groups on the surface of the SLS-C increased with the increase of pH,
which increased the electronegativity of SLS-C and the electrostatic attractive force between the dye
cation and SLS-C [25]. Furthermore, hydroxyl groups (O-H) and carbonyl groups (C=O) on the surface
of the adsorbent can also attract the cationic dye molecules under the condition of high pH value [35].
Therefore, SLS-C has a good adsorption capacity of MB in an alkaline environment.

The results have resemblance to previous studies by Karaca [11]. The study by Yagub et al. [36]
showed that the adsorption rate of cationic dye MB by raw pine leaf biochar at high pH values was
better than that at low pH values. The adsorption rate had a noticeable increase at pH from 2 to 7,
and slightly increased at the range of pH 7–9. The effect of pH on MB adsorption by various ACs
was studied by Kannan N et al. [37], showing that the adsorption capacity of dye increased with the
increase of initial pH.

Figure 6 shows the zeta potential variation of AC with pH before and after modification. The
pHPZC of SLS-C and Virgin-C were 3.37 and 4.10. The result demonstrated that SLS-C has a higher
surface electronegativity than that of Virgin-C, which was attribute to the hydrophobic alkyl end of
surfactant attached to the nonpolar surface of activated carbon by van der Waals force. The AC surface
oxygen-containing functional groups such as carboxyl and phenolic hydroxyl were covered with SLS
to lead the amount of dissociated H+ to decrease. The enhanced electronegativity of SLS-C made
it have a better electrostatic attraction and adsorption capacity to MB than Virgin-C. When pH was
around 4 to 8, the adsorption rate of MB on SLS-C was relatively stable in this experiment. Therefore, a
pH value of 5 was chosen for the adsorption research.
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3.4. Effect of Adsorbent Dose

Adsorbent dose is an important factor that affects the adsorption performance. The influence of
adsorbent dose in adsorption of MB was studied to obtain a most appropriate amount of adsorbent at
various MB concentrations [38]. The effect of adsorbent dose was studied by 100 mL of three different
MB concentrations (10, 30, and 50 mg·L−1) under different adsorbent doses (5, 7.5, 10, 15, 20, 30, 40, 50,
75, and 100 mg), as shown in the diagram below (Figure 7). A similar trend in adsorption behavior of
MB on SLS-C under various MB concentrations was observed.
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Figure 7. Effect of adsorbent dose on MB adsorption on SLS-C sample (contact time = 120 min).

As the mass of adsorbents increased, the removal rate of MB gradually increased due to the
increases of the number of adsorbent pores and adsorption sites. The adsorption would tend to an
equilibrium when the mass of adsorbent reached a certain value. The removal rate of MB reached the
saturated value at adsorbent mass of 15, 20, and 30 mg corresponding to the initial MB concentration
of 10, 30, and 50 mg·L−1, respectively. At high adsorbent dosages, the available number of MB dye
molecules in solution was not enough to completely combine with all effective adsorption sites on the
adsorbent, resulting in a surface equilibrium state and a reduction in the adsorption capacity per unit
mass of adsorbent.
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3.5. Effects of Contact Time

Figure 8 showed the relationship between the adsorption rate and the adsorption capacity of MB
on SLS-C and time at three initial MB concentrations (10, 30, and 50 mg·L−1).
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Figure 8. Effect of contact time on adsorption of MB on SLS-C at pH = 5.0, S/L = 0.15 g·L−1. (a) The
adsorption rate; (b) the adsorption capacity.

It can be seen in Figure 8 that the removal efficiency and adsorption capacity of MB by SLS-C
was increased with an increase in contact time and then reached a maximum value. The process was
divided into two phases. The first step took 5–30 min to reach the relative adsorption equilibrium
state called fast adsorption. This performance was due to the binding process between MB dye and
the adsorption active sites, and functional groups on the SLS-C adsorbent were fully and efficiently
completed. The absorption rate of the dye was controlled by the rate of the dye transported from the
solution to the surface of the adsorbent particles. The second step was called slow adsorption process.
After 30 min of contact time, the relative increase in the removal extent of MB was not significant, and
with the increase of time, the adsorption rate decreased and gradually stabilized. This performance
was due to the binding process between MB dye and the adsorption active sites, and functional groups
on the SLS-C adsorbent were gradually saturated. The absorption rate of the dye was controlled by the
rate of the dye transported from the exterior to the interior pore sites of the adsorbent particles [39].

Moreover, the lower the dye initial concentration, the shorter the time to achieve the adsorption
equilibrium state. The results were basically consistent with previous studies on the removal rate of
dyes [29]. Considering the relationship between the contact time and the MB removal, the contact time
for subsequent experiments was selected as 120 min.

3.6. Effects of Initial MB Concentration

The influence of different initial dye concentrations (10, 20, 30, 40, 50 mg·L−1) on the decolorization
efficiency of MB dye was studied using the same mass of SLS-C and adjusting the dye solution pH to 5.
A 15 mg adsorbent sample was added to 100 mL dye solution and adsorbed for 120 min at 298K. The
experimental data are given in Table 1.

According to the listed data (Table 1), the decolorization rate (%) of MB by 15 mg of the SLS-C
adsorbent decreased from 96.6% to 58.7% when the initial dye concentration increased from 10 to 50
mg·L−1. However, as the initial dye concentration increased from 10 to 50 mg·L−1, the adsorption
capacity at equilibrium (Qe) increased from 64.4 to 195.8 mg·g−1. Moreover, the maximum adsorption
capacity at equilibrium (Qe) was calculated up to value of 195.8 mg·g−1 when the dye concentration was
40 mg·L−1. It was found that when the MB concentration was greater than 40 mg·L−1, the adsorption
sites on the adsorbent were completely adsorbed, and thus the adsorption amount of activated carbon
at a MB concentration of 40 mg·L−1 was similar to that at MB concentration of 50 mg·L−1.
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Table 1. Effect of initial MB concentration on the percentage extraction of dye.

MB Concentration
(mg·L−1)

SLS-C Virgin-C

Percent
Adsorption (%)

Adsorption
Capacity (mg·g−1)

Percent
Adsorption (%)

Adsorption
Capacity (mg·g−1)

10 96.6 64.4 80.9 53.9
20 90.6 120.8 72.7 96.0
30 86.7 173.4 66.3 132.6
40 73.4 195.8 51.9 138.4
50 58.7 195.7 41.3 137.6

The removal extent of dyes was decreased with an increase in the initial MB concentration due to
the lack of available active sites under high concentration condition of MB [40], whereas the adsorption
capacity of MB on SLS-C increased with the increase of initial MB concentration. The sulfate functional
group of SLS provided ion exchange sites conducive to the MB ion adsorption. Compared with
untreated AC, activated carbon modified by anionic surfactant has more positively charged adsorption
sites and high adsorptive capacity for removing cationic dye [12,27].

3.7. Adsorption Kinetics and Isotherm

3.7.1. Adsorption Kinetics

Adsorption kinetics mainly studies the reaction rate between adsorbents and adsorbates and the
factors affecting the reaction rate. The adsorption data were fitted by kinetic models and the adsorption
mechanism was discussed according to the fitting results. The adsorption kinetics of MB on SLS-C were
studied by using four kinetic equation models to confirm the most effective equation. The consistency
between the experimental results and the theoretical values of the model was assessed on the basis of
the coefficient of determination (R2 value was close to or equal to 1).

The principle of the pseudo-first-order kinetic model is that the reaction rate is proportional to
the number of ions remaining in the solution, assuming that adsorption is controlled by diffusion
steps [41]. It is assumed that the adsorption rate is proportional to the difference between the saturated
concentration and the adsorption amount of SLS-C with time. The integral equation is shown below in
Equation (6).

ln(Qe −Qt) = lnQe − k1t (6)

where k1 is the rate constant of adsorption (min−1), Qe is the quantity of dye adsorbed at equilibrium
(mg·g−1), and Qt is the equilibrium concentration at various times t (in mg·L−1). The rate constant
in this model was determined by the slope of the plot of ln(Qe −Qt) over time (t). The results of R2

calculated were in the range of 0.644–0.974. In addition, the large differences between the value of
Qe,exp and Qe,cal indicated that the pseudo-first order model was not an effective model to explain the
adsorption process.

The pseudo-second-order kinetic model, which can be expressed as the reaction rate being
proportional to the concentrations of the two reactants, assuming the adsorption is controlled by
chemical adsorption steps, can be expressed by Equation (7) [42].

t
Qt

=
1

k2Q2
e
+

t
Qe

(7)

where k2 is the second-order-rate constant (g·mg−1·min−1) that can be determined for different MB
concentrations according to the linear plots of t/Qt versus t, as shown in Figure 9. The calculated
correlation coefficients (R2) were found to be greater than 0.999, and the experimental Qe differing from
the calculated ones are listed in Table 2. Obviously, from the values calculated by pseudo-second-order
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kinetic model, Qe,cal had good agreement with the experimental Qe,exp. This behavior indicated that the
pseudo-second order model was the best model to explain the adsorption process of MB on SLS-C.Water 2020, 12 x; doi: FOR PEER REVIEW 10 of 19 
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Figure 9. (a) Pseudo-second order plots and (b) the adsorption capacity (qe) for the adsorption of MB
on SLS-C at various initial concentrations, pH = 5.0, S/L = 0.15 g·L−1, T = 25 ◦C.

Table 2. Pseudo-First-Order model and Pseudo-Second-Order model form removal of MB by SLS-C.

C0
(mg.L−1)

Qe,cal
(mg.g−1)

Pseudo-First-Order Model Pseudo-Second-Order Model

k1 (min−1) Qe (mg.g−1)
(exp.) R2 k2 (g.mg−1.

min−1)
Qe (mg.g−1)

(exp.) R2

10 64.4 0.0090 4.4 0.644 0.00195 64.1 1
30 173.4 0.0107 40.9 0.966 0.00188 171.1 0.999
50 195.7 0.0069 42.1 0.974 0.00157 190.9 0.998

The intra-particle diffusion model divides the adsorption process into two main steps including
the migration of solute molecules from aqueous solution to the surface of adsorbent particles and the
diffusion of adsorbate molecules into the interior pores of the adsorbent [43].

The adsorption process was studied Weber–Morris intra-particle diffusion model which is
expressed as Equation (8).

Qt = kipt
1
2 + Ci (8)

where kip (mg·g−1·min−1/2) is the rate constant of the intra-particle diffusion model, and Ci is the
constants related to boundary layer thickness expressed in milligrams per gram (mg·g−1), which can
be calculated according to slope and intercept of the plot of Qt versus the square root of time t1/2.

The straight line fitted by the intra-particle model (as shown in Figure S2) without passing through
the origin indicated that the adsorption process was controlled not only by the intra-particle diffusion
but also by other adsorption processes. The constant Ci (57.64, 127.73, 144.74) was found to increase
with the increase of MB dye concentration, which may have been due to the increase of the boundary
layer thickness (as shown in Table 3). The high values of Ci indicated that the external diffusion of MB
molecule on SLS-C was very important in the initial adsorption period. The values of R2 were close to
1 and show a good application of the intra-particle model in the sorption process.
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Table 3. Intra-particle diffusion model and Elovich model from removal of MB by SLS-C.

C0
(mg·L−1)

Intra-Particle Diffusion Model Elovich Model

kip
(mg·g−1·min−1/2)

Ci R2 α (mg·g−1·min−1)β (mg·g−1) R2

10 Kip1 = 3.800
Kip2 = 0.303 57.64 0.985

0.974 2.395 0.436 0.816

30 4.426 127.73 0.957 14.373 0.078 0.997
50 4.542 144.74 0.974 14.197 0.078 0.970

The Elovich model of adsorption process was expressed as Equation (9), which describes
adsorption in a non-ideal state. The adsorption process is divided into the fast adsorption and slow
adsorption process.

Qt =
1
β

lnα β+
1
β

ln t (9)

where α represents the initial adsorption rate (mg·g−1·min−1) and β is the desorption coefficient
(mg·g−1). The graph of Qt versus ln t is a line with a slope of 1/β and an intercept of 1/β ln(α β). The
correlation coefficient (R2) at MB concentrations of 10, 30, and 50 mg·L−1 were identified as being 0.816,
0.997, and 0.970, respectively. The fitting data calculated from Elovich kinetic model showed that
when the initial concentration of MB was 10 mg·L−1, the models described the observations not well.
Nevertheless, that the experimental results could be well described by the Elovich model at the initial
concentration of MB higher than 10 mg·L−1 indicated that the rate-limiting step was the intraparticle
diffusion process but not the only process [22,44].

The results showed that the pseudo-second-order kinetic model can be used to describe the
adsorption of MB on SLS-C and proved that chemical adsorption dominated the adsorption process.
The adsorption process not only included the processes of the liquid film diffusion and the internal
diffusion of micropores, but also the chemical adsorption process with electrons shared and gained or
loss of electrons between cationic dyes and functional groups on the SLS-C surface [30].

3.7.2. Adsorption Isotherm

The adsorption process is divided into two parts, adsorbent adsorption pollutants and pollutants
desorption from the adsorbent. When the rate of the two processes is the same, the adsorption will
enter a dynamic equilibrium state. Adsorption isotherms are used to study the relationship between
the equilibrium adsorption capacity and the equilibrium concentration of pollutants under certain
conditions (temperature and pH remain unchanged). The adsorption isotherms were studied to provide
a basis for revealing adsorption behavior, indicating possible adsorption mechanism, and estimating
adsorption capacity. Three models, the Langmuir model, Freundlich model, and Temkin model,
were used to describe adsorption isothermal behavior.

The Langmuir model assumes that adsorption is localized on a monolayer, and all adsorption
sites on the adsorbent are homogeneous and have the same adsorption capacity [45]. The Langmuir
isotherm equation is Equation (10):

Ce

Qe
=

1
Qmax KL

+
Ce

Qmax
(10)

where Ce is the equilibrium concentration (mg·L−1), Qe is the amount of adsorbed dye at equilibrium
(mg·g−1), Qmax (mg·g−1) is the Langmuir constants that are related to the adsorption capacity, and
KL (L·mg−1) is the adsorption rate. The value of R2 obtained from the linear graph of Ce/Qe versus
Ce was 0.993, which demonstrated that the adsorption process meets the Langmuir isotherm model,
as exhibited in the diagram (Figure 10). The value of Qmax and KL are shown in Table 4.
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Figure 10. (a) Langmuir, (b) Freundlich, and (c) Temkin isotherm plots for adsorption of MB on SLS-
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Table 4. Isotherm parameters of the Langmuir, Freundlich, and Temkin models.

Adsorption Model Isotherm Parameters R2

Langmuir
Qmax = 232.5 mg·g−1

0.999KL = 0.842 L·m-1·g−1

RL= 0.106

Freundlich
K f = 88.235 mg·g−1

0.906
1/n = 0.318

Temkin
B = 38.73 J·mol−1

0.953A = 11.53 L·g−1

b = 63.98 L·g−1

The feasibility of adsorbent adsorption was evaluated by RL. It can be defined by Equation (11) [46]:

RL =
1

1 + KLC0
(11)

where C0 (mg·L−1) is initial dye concentration. The value of RL indicates the type of the isotherm:
irreversible (RL = 0), favorable (0 < RL< 1), linear (RL = 1), or unfavorable (RL > 1). The RL value of MB
adsorption on SLS-C was in the range of 0.661–0.842. It can be testified that the adsorption process
was favorable.
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The Freundlich isotherm model is based on the assumption that multi-layer adsorption processes
occur on heterogeneous surfaces. The Freundlich isotherm linear equation is shown in Equation (12):

ln Qe = lnK f +
1
n

ln Ce (12)

where K f (mg·g−1) is a constant related to the adsorption energy. The value of R2 obtained from the
linear graph of ln Qe versus ln Ce was 0.906. Compared the values of R2 of two isotherms models,
the Langmuir model was more suitable for the experimental equilibrium adsorption data than the
Freundlich model, as shown in Figure 10. The values of 1/n and K f were calculated and listed in
Table 4. The slope (1/n) values reflected adsorption intensity or surface heterogeneity. It is generally
considered as a sign of a good adsorption process when the value of 1/n is in the range of 0.1 to 1.0.
In this experiment, the index value was within the range, indicating that the adsorption process was
favorable. This was in line with the conclusion of the Langmuir model.

The Temkin model considers the interaction between adsorbent and contaminant as a chemical
adsorption process. The Temkin isotherm equation are shown in Equations (13) and (14):

Qe =
RT
b

ln A +
RT
b

ln Ce (13)

B =
RT
b

(14)

where b (mg·L−1) is the Temkin isotherm constant, A (L·g−1) is the Temkin isotherm equilibrium
binding constant, and B is the constant related to the heat of adsorption (J·mol−1). The calculated
values of A, B, and b are shown in Table 4.

The isotherm data were linearized using the Langmuir equation, as shown in Figure 10. The
parameters of Langmuir isotherm are shown in Table 4. The high value of R2 indicated that there was a
good agreement between the model parameters. The theoretical maximum adsorption capacity of MB
on SLS-C, obtained by the Langmuir adsorption isothermal equation fitting, was up to 232.5 mg·g−1,
whereas the theoretical maximum adsorption capacity of Virgin-C was 153.8 mg·g−1. The Freundlich
equation and Temkin equation were also used to fit the same data, as shown in Figure 10. The relevant
coefficients can be calculated from three isotherms, such as KL, Qmax, RL, K f , n, A, B, and b. The values
are listed in Table 4.

The adsorption isotherm analysis results were in good agreement with the Langmuir, Freundlich,
and Temkin models, but the Langmuir model had better consistency. These results indicated that the
MB adsorption sites of the adsorbent were homogeneous, which was consistent with the assumption
of the Langmuir model. For SLS-C, the surfactant molecules covered the AC surface uniformly,
resulting in the homogeneous adsorption sites. Therefore, it can be inferred that the adsorption
mechanism of MB adsorption by SLS-C was the physical and chemical monolayer adsorption.

3.8. Temperature Effect and Thermodynamic Parameters

The influence of temperature was studied by three MB concentrations (10, 30, and 50 mg.L−1) at
different temperature values (25, 35, 45, and 55◦C) and the results are graphed in Figure 11. The higher
the temperature, the higher the adsorption ability of MB on SLS-C at all concentrations. This indicated
that the adsorption was a spontaneous endothermic process.

The thermal motion, the solubility, and the chemical potential of dye molecules increased with the
increase of temperature [47]. Moreover, the pore structure of AC was closely related to temperature. The
pore structure and number of active adsorption sites of AC increased with the increase of temperature
due to thermal expansion. These reasons led to the increase of adsorption capacity of MB on SLS-C
with the increase of temperature.
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The temperature effect and sorption mechanism were further discussed in the study of adsorption
thermodynamics. The thermodynamics of adsorption of SLS-C were analyzed from the view of energy.
Studying on the driving force of adsorption by the adsorption thermodynamics method determined
whether the adsorption process was spontaneous or not. The values of thermodynamic parameters,
such as free energy change (∆G), enthalpy change (∆H), and entropy change (∆S), are usually calculated
on the basis of the thermodynamic formulas shown in Equations (15)–(18) [48]:

∆G = −RT ln KC, (15)

Kc =
Qe

Ce
, (16)

ln KC =
∆S
R
− ∆H

RT
(17)

∆G = ∆H− T∆S (18)

where KC is the thermodynamic constant, R is the universal gas constant (8.314 J·mol−1·K−1), and T is
the absolute temperature (K). The ∆G is the Gibbs free energy change (kJ·mol−1), ∆S is the entropy
change (kJ·mol−1·K−1), and ∆H is the enthalpy change (kJ·mol−1). The slope and intercept of the linear
graph about ln KC versus 1/T, as shown in Figure 12, can be respectively obtained from the values of
∆H and ∆S, as listed in Table 5.
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Table 5. Thermodynamic parameters for removal efficiency of MB on SLS-C.

Thermodynamics

c/mg·L−1 T/K ∆G/kJ·mol−1 ∆S/kJ·mol−1·K−1 ∆H/kJ·mol−1

10

298 −11.78

0.059 5.90
308 −12.38
318 −12.97
328 −13.56

30

298 −8.84

0.064 10.28
308 −9.48
318 −10.12
328 −10.77

50

298 −5.57

0.067 14.46
308 −6.24
318 −6.91
328 −7.58

The negative ∆G values, which can be seen from Table 5, demonstrated the discolored process
of MB on SLS-C in terms of feasibility and spontaneity [49]. The positive ∆H values of 5.90, 10.28,
and 14.46 KJ·mol−1 at different temperatures prove that the adsorption was an endothermic process
at initial dye concentrations of 10 mg·L−1, 30 mg·L−1, 50 mg·L−1, respectively [50]. In the adsorption
of different MB dye concentrations on SLS-C, ∆S values were 0.059, 0.064, and 0.067 kJ·mol−1·K−1,
respectively. The positive values of ∆S indicated that the randomness of the solid/solution interface
increased during the adsorption process [13].

3.9. Effect of Additive Salts

The effects of different salts such as NaCl, KCl, CaCl2, NH4Cl, MgSO4.7H2O, NaNO2, and FeSO4

on adsorption were studied in 100.0 mL MB solution under the different concentration conditions of
10, 30, and 50 mg·L−1. A total of 200.0 mg of additive salt was added into the dye solution, adjusting
the pH value to 5.0 and oscillating for 30 min. The effect of salt species on the adsorption of MB on
SLS-C are listed in Table 6.

Table 6. Effect of salt species on the removal efficiency (%) of MB at 25◦C, t = 30 min.

MB
Concentration

(mg·L−1)

Removal Efficiency (%) in Presence of Salt Species

None NaCl KCl CaCl2 NH4Cl MgSO4 NaNO2 FeSO4

10 94.3 94.6 94.6 94.6 94.6 94.6 94.6 90.4
30 78.1 79.7 77.0 78.3 78.3 73.7 85.3 60.5
50 53.2 55.5 52.7 53.9 53.9 52.0 56.9 44.2

The presence of coexisting ions (Na+, K+, Ca2+, NH4+, Mg2+) had little effect on the adsorption of
MB on SLS-C. When the concentration of MB was 30 mg·L−1, the removal rates of MB in the presence
of coexisting ions were 73.7%-79.7%, which was similar to the removal rates of 78.1% in the absence of
ions. When the dye concentration was 50 mg·L−1, the removal rate of MB in the presence of coexisting
ions (52.0%-55.5%) was similar to that in the absence of ions (53.2%). This result is similar to the
study on effect of the cations (Na+, K+, Ca2+) on adsorption of ammonium on SLS-C by Wooram
Lee [27]. It indicated that the adsorption process was as insensitive to ionic as Na+, K+, Ca2+, NH4+,
and Mg2+ [51].

The adsorption capacity of MB on SLS-C increased slightly when NaCl, CaCl2, or NH4Cl were
present in the solution system. It may have been due to the increase of dimerization reaction of MB in
solution in the presence of forces such as ion dipole, dipole–dipole interaction, and van-der-Waals
force among dye molecules. The result agreed well with the article of Mohamed E. Mahmoud
that additive salts (NaCl, NaAc, KCl, MgSO4, NH4Cl, and CaCl2) improve the removal rate of dye
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by surfactant-modified AC [22]. When the ion (NO2-) was present, it had a greater impact on the
adsorption of MB by SLS-C. When MB concentration was 30 mg·L−1, the removal rate of MB (85.3%) in
the presence of coexisting ions (NO2-) was higher than that in the absence of ions (78.1%). The reason
may be that NO2- has strong oxidation capacity in dilute solutions. Nitrite such as sodium nitrite and
potassium nitrate are widely used in dye production. At a MB concentration of 50 mg·L−1, the removal
rate of MB (44.2%) by SLS-C in the presence of competitive cation (Fe2+) was lower than that in the
absence of ions (53.2%). The rate of adsorption was reduced because the strong reducibility ferrous
ions occupied the adsorption site of MB on SLS-C.

3.10. Decolorization of MB in Real Water Samples by SLS-C

The adsorption rate of MB by SLS-C in three different real water samples of tap water, raw water,
and waste samples are listed in Table 7. The tap water sample was collected from laboratory faucets,
raw water sample was collected from the back of the Pearl River, and waste water sample was collected
from a nameless river in the campus. The parameters of the water samples are shown in Table S1.
A certain amount of MB was added into 100.0 mL water samples and prepared at concentrations of
10.0, 30.0, and 50.0 mg·L−1, respectively. All the samples were adjusted to pH of 5.0 and shaken for
30min in a shaker. Distilled water samples were treated as blank water samples for comparison. The
experimental results expressed that the adsorption rate of MB by SLS-C in real water samples was
slightly improved relative to modeling dye wastewater.

Table 7. Adsorptive removal of MB dye from real water samples’ SLS-C adsorbent.

Water Sample MB Concentration (mg·L−1) Removal (%)

Distilled water
10 94.3
30 78.1
50 53.4

Tap water
10 94.3
30 80.1
50 54.1

Raw water
10 94.3
30 81.0
50 55.3

waste water
10 94.3
30 81.1
50 55.9

4. Conclusions

This study showed that AC modified by anionic surfactants could significantly improve the
adsorption properties of MB on AC. The solution initial pH, adsorbent dosage, contact time, initial MB
concentration, temperature, and additive salts had a great impact on adsorption properties. The high
adsorption capacity of SLS-C can be attributed to the hydrophobic group of the surfactant, which is
expected to bind to the hydrophobic surface of AC. A specific binding site with the anionic functional
group on SLS-C provided an efficient sorption field for the MB target dye cations. The SLS-C has
advantages such as a strong affinity of acid conjugate base, a number of functional groups per unit
mass adsorbent, and good dispersibility. The study of adsorption of dyes in aqueous solutions at pH
values in the range of 1.0–12.0 confirmed that the adsorption rate increased with the increase of pH.
The adsorption rate of MB by SLS-C increased with increased temperature. The adsorption kinetics
conformed to the pseudo-second-order reaction model and the adsorption isotherm conformed to
the Langmuir adsorption isotherm. The negative ∆G values and positive ∆H values proved that
the adsorption process was an endothermic and spontaneous process. The theoretical maximum
adsorption capacity of MB on SLS-C was 232.5 mg·g−1, whereas the theoretical maximum adsorption

394



Water 2020, 12, 587

capacity of Virgin-C was 153.8 mg·g−1. The adsorption equilibrium time was about 120 min. The
presence of cations such as Na+, K+, Ca2+, NH4+, and Mg2+ had negligible impact on the adsorption
of MB on SLS-C (< 5%). The adsorption capacity was significantly improved in the presence of NO2−
and decreased in the presence of cation Fe2+. The application of SLS-C in the decolorization of MB in
tap water, raw water, and waste water proved that the existence of ions has little influence in the MB
adsorption in real water samples.

Supplementary Materials: The following are available online at http://www.mdpi.com/2073-4441/12/2/587/s1,
Figure S1: title, Table S1: title, Video S1: title. Figure S1: MB standard curve (at pH of 5). Figure S2: The
intraparticle diffusion model plots for the adsorption of MB on SLS-C (a) at MB concentration of 10 mg/L, and (b)
at MB concentrations of 10, 30, and 50 mg/L. Table S1: The water quality parameters of different water samples.
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