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This Special Issue of Sustainability aims to report the recent developments in Sustain-
able Wastewater Management and Treatment, mainly those focused on improving the
overall performance of wastewater treatment plants (WWTPs) in terms of both reducing
their environmental impact and integrating them into the urban circular economy. The
works presented here show new technologies, processes and operational strategies that
lead to a paradigm shift in wastewater management, where the minimization of energy
consumption and recovery of valuable resources are key aspects.

Most urban wastewater treatment plants were designed to meet local requirements
for effluent quality, while environmental aspects such as energy consumption and resource
recovery were not considered [1]. However, in recent years, many efforts have been
dedicated to achieving a positive energy balance. This might be achieved by promoting
organic matter removal through anaerobic routes, increasing biogas production, reducing
aeration requirements, and recovering nutrients [2,3]. The main challenges that existing
technologies face in fulfilling these goals are the low concentrations of organic matter
and nutrients present in urban wastewater. In this respect, various solutions have been
proposed, such as segregation at the source to keep resources as concentrated as possible [4]
or the concentration of resources within the WWTP by means of membrane systems [5].
Microfiltration, ultrafiltration, or forward osmosis can be applied to separate the organic
matter from the WWTP mainstream and divert it to an anaerobic digester in order to
improve the WWTP energy balance (Contribution 1). The stricter the filtration process,
the better the effluent quality obtained. However, the retention of salts is also promoted,
which could inhibit anaerobic digestion of the retained organic matter. In addition to
improving the energy balance of WWTPs, the removal of organic matter through anaerobic
processes has the additional advantage of lower sludge production than aerobic processes.
This is essential, since sludge management is one of the most critical issues in WWTP
operation, representing 25% to 65% of the overall operating costs [6]. Thus, anaerobic
digestion is the most used process to indirectly decrease costs associated with sludge
dewatering, transport, or drying by reducing sludge production. However, anaerobic
sludge digestion technologies are generally present only in WWTPs with a treatment
capacity larger than 40,000 inhabitant equivalents. Moreover, its efficiency is limited to
30–40% of dry solids reduction. For this reason, other technologies for reducing sludge
generated in situ that could be applied in small WWTPs are gaining attention. Among
those technologies, ozonation, which enhances the hydrolysis rate of particulate matter (the
limiting step of the degradation of the solid) by sludge disintegration, has been successfully
applied at full-scale. In fact, if the implementation of an ozonation unit to reduce sludge
production is considered during the design of small WWTPs, overall wastewater treatment
costs would significantly decrease (Contribution 2).

Another alternative to diminishing WWTPs’ energy consumption is using systems
based on the combination of microalgae and bacteria to remove both organic matter and
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nitrogen. In these systems, photosynthesis directly provides oxygen, and no external aera-
tion is needed. Contrary to the activated sludge systems, where bacteria remove nitrogen
through nitrification/denitrification processes, with the microalgae–bacteria consortia,
nitrogen is removed via assimilation for biomass growth without greenhouse gas emis-
sions [7]. The processes based on microalgae are generally carried out in open raceway
ponds requiring larger land areas than conventional systems. Therefore, despite being eco-
friendly and low-cost technologies for wastewater treatment, their application would be
restricted to small communities, where enough land is available. The potential application
of microalgae should focus not only on nutrient removal but also on the removal of organic
pollutants due to the ability of these microorganisms to remove personal care products,
pharmaceuticals, pesticides, and industrial products [8]. For example, Contribution 3
shows that the marine microalgae Tetraselmis suecica can remove phenolic compounds,
which are hardly biodegradable in conventional biological systems.

WWTPs are designed and operated in such a way that they can comply with the dis-
charge limits under fluctuating influent conditions. In the past, this purpose was achieved
by oversizing the WWTPs and overdosing on the oxygen required. Nevertheless, the devel-
opment of mathematical models and real-time control systems have allowed optimizing
the design and operation conditions of WWTPs to maintain a compromise between the
effluent quality and the treatment costs. Models are valuable tools to understand how the
operational parameters affect the effluent quality, as Contribution 4 shows. They can also
be used to upgrade or redesign WWTPs to maximize the valorization of products recovered
from the wastewater [9]. For example, aeration accounts for 50% to 60% of the energy
consumption during wastewater treatment. For this reason, the research on real-time
control systems is mainly focused on aeration to save energy while maintaining a suitable
effluent quality. Since the airflow rate can be fitted to oxygen demand, implementing
dissolved oxygen (DO) and aeration control systems can save 25 to 40% more energy than
manually controlled systems [10]. The recent availability of reliable ammonium sensors
has led to their incorporation into aeration control loops, allowing the development of
more advanced aeration control strategies that enhances energy savings [11]. However,
these sensors are expensive, so they could be replaced by soft sensors developed using
multiple linear regression, neural networks, and oxidation-reduction potential and pH
sensors (Contribution 5).

In addition to WWTPs’ energy efficiency improvements, much effort is being carried
out to recover the resources contained in wastewater, such as phosphorus, nitrogen, or-
ganic fertilizers, water, and methane, due to the increasing awareness of the exhaustion of
non-renewable natural resources. As previously mentioned, the organic matter contained
in wastewater is currently mainly revalued as methane through the anaerobic digestion
progress. Even though anaerobic digestion is a mature and sustainable technology for
organic matter revaluation, recent studies indicate the convenience of exploring other
technologies aiming to produce higher-value end-products, such as polyhydroxyalkanoates
(PHAs) [12]. PHAs are biodegradable polymers synthesized by numerous bacteria, ac-
cumulating as intracellular carbon and energy reservoirs that could be used to replace
conventional plastics. Currently, the large-scale production of PHAs is carried out using
pure culture microorganisms and high-cost substrates, making their production price non-
competitive compared to petrochemical-based plastics. All these issues can be overcome
by using mixed microbial cultures (MMC), which do not require sterilized conditions and
are able to produce PHAs from the organic matter present in wastewater. Up to now, this
option has been tested at a pilot-scale using biomass with PHA-accumulation potential
from municipal wastewater treatment and fermented waste sludge as feedstock for PHA
accumulation [13]. PHAs production using MMC is not only limited to recovering organic
compounds from urban wastewaters, but it can also be carried out using industrial wastew-
aters. In fact, Contributions 6 and 7 demonstrate the feasibility of enriching a MMC with
a PHA storage ability to valorize fish-canning industrial wastewater, which is generally
difficult to treat by biological processes due to its high salinity.
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Growing demand for high-quality water, together with the impacts of climate change,
has increased the number of regions in the world that suffer water scarcity or stress. This
scenario has promoted the development of technologies able to use non-conventional water
resources, such as seawater and treated urban wastewater, to generate drinking water at a
full-scale worldwide [14]. In the case of countries with access to the sea, where both seawater
and treated urban wastewater are available, the criteria for choosing between one or the
other water source could be based on economic considerations. In this sense, Contribution
8 proposes a methodology to determine which of both non-conventional water resources
provides the lowest production costs, depending on the wastewater treatment system used,
the capacity of the water generation plant, and the distance to the water source. Water
reuse is also promoted in many industrial sectors. Those using cooling tower systems are of
special interest due to their high water requirement. Technologies such as reverse osmosis
and electrocoagulation, among others, could be used to treat water purged from cooling
towers, obtaining a high-quality effluent for reuse (Contribution 9). As a general rule, the
technologies that allow achieving a better quality of effluent consume the most energy, so the
use of renewable energies would perhaps condition their possible implementation.

WWPTs reduce the concentration of pollutants present in the wastewater to obtain
effluents that meet the discharge limits. Nevertheless, WWTPs’ effluents still cause im-
portant impacts on the ecosystems of receiving waters. To avoid such impacts, in the
future, effluents should receive post-treatment through semi-natural wetland systems, as
proposed in Contribution 10, or the treatment efficiency of WWTPs should be improved
by implementing new units or changing existing technologies. The treatment efficiency
improvement should not be only focused on conventional pollutants but also emerging pol-
lutants. Among them, antibiotics stand out due to the growing concern about the increase
of the antibiotic resistance of human pathogenic bacteria in aquatic environments caused
by the emission of effluents containing antibiotic-resistant bacteria, antibiotic resistance
genes, and antibiotics themselves [15].

Urban WWTPs are a key part of the anthropogenic water cycle. Until now, their role
has been to decrease the pollutant load of wastewater in order to reduce the impact of the
effluents on the ecosystems. However, their design in the future should be improved to
promote resource recovery (energy, fresh water, and other valuable materials) and enhance
their treatment efficiency, considering emerging pollutants. In this way, the WWTP concept
would evolve from a “treatment system” to a “biofactory” to become an essential part of
the sustainable circular economy.
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Abstract: Direct application of anaerobic digestion to sewage treatment is normally only possible
under tropical weather conditions. This is the result of its diluted nature and temperatures far from
those suitable for anaerobic conversion of organic matter. Then, direct application of anaerobic
treatment to sewage would require changing temperature, concentration, or both. Modification
of sewage temperature would require much more energy than contained in the organic matter.
Then, the feasible alternative seems to be the application of a pre-concentration step that may be
accomplished by membrane filtration. This research studied the pre-concentration of municipal
sewage as a potential strategy to enable the direct anaerobic conversion of organic matter. Three
different membrane processes were tested: microfiltration, ultrafiltration and forward osmosis. The
methane potential of the concentrates was determined. Results show that biogas production from the
FO-concentrate was higher, most likely because of a higher rejection. However, salt increase due to
rejection and reverse flux of ions from the draw solution may affect anaerobic digestion performance.

Keywords: sewage; forward osmosis; microfiltration; ultrafiltration; concentration; biogas

1. Introduction

Anaerobic digestion is nowadays an established environmental technology, providing
a reliable and affordable treatment alternative for a wide variety of wastewaters. However,
direct application of anaerobic digestion to sewage treatment is normally only possible
under tropical weather conditions as a result of wastewater temperature and a low organic
matter concentration. Then, sewage treatment is generally conducted by aerobic processes.
The traditional aerobic treatment is an effective technology for reducing the organic matter
concentration of sewage. However, it implies an extensive use of energy. Indeed, aeration
represents the most relevant operational cost for aerobic sewage treatment.

Figure 1a presents a theoretical chemical oxygen demand (COD) balance for what
could be considered a traditional sewage treatment facility: aerobic treatment by activated
sludge, combined with anaerobic digestion of secondary sludge. It is clear that only a
small fraction of the chemical energy contained in sewage may be potentially recovered
as methane in such a process. Data provided by this figure include theoretical methane
yields, so practical energy recovery is normally much lower. A process based on the direct
application of anaerobic digestion, followed by an aerobic post-treatment, would greatly
increase the potential energy recovery in the form of methane, as is clear when comparing
Figure 1a,b.
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Figure 1. Theoretical COD balance of potential sewage treatment processes: (a) aerobic–anaerobic
and (b) anaerobic–aerobic configuration. Balance considers a theoretical methane production of
0.35 L CH4 gCOD−1, and a methane (lower) heating value of 10 Wh L−1.

The direct application of anaerobic treatment to sewage would require the modifi-
cation of temperature and/or concentration since both factors are known to determine
the performance of anaerobic digestion. The increase in temperature seems an unlikely
approach since it would require much more energy than that contained in the organic
matter of sewage. Then, the feasible alternative seems to be the application of a pre-
concentration step. Water freezing has been reported as a tool for wastewater concentration.
By crystallizing water into ice, pollutants can be concentrated in the remaining liquid [1–3].
However, this approach may only be an alternative in geographical zones presenting very
low ambient temperatures. Water evaporation is another alternative [4,5]. However, the
elevated enthalpy of the evaporation of water would demand high energetic requirements
for diluted wastewaters, such as sewage. Moreover, it may induce emissions of volatile
substances, such as volatile organic compounds (VOC). Membrane processes are more
likely to represent an alternative for sewage concentration. Indeed, the application of
membrane technology to wastewater treatment is not new; the application of membrane
bioreactors is a clear example [6,7]. The development of membrane processes for envi-
ronmental applications during the last 3 decades has produced relevant improvements
in membrane manufacture and has steadily decreased their costs. Moreover, a series of
emerging membrane technologies has arisen as alternatives for water reclamation [8]. As a
result, membrane separation techniques are nowadays applied in fields where their use
may have been considered unlikely not so long ago, such as the treatment of municipal
and industrial wastes [9–11]. The potential advantages of membrane processes, when
compared with other separation techniques, are: low energy consumption, environmental
friendliness, and high quality permeate.

The concentration of wastewater by membranes, which has normally been referred
to as direct membrane filtration (DMF), has been already reported in literature. Indeed,
recently, Hube et al. [12] reviewed the use of direct membrane filtration for wastewater
treatment, identifying DMF as a tool for resource recovery from wastewaters. In general,
moderate to high levels of organic matter retention have been reported. Kimura et al. [13]
reported 75% of organic matter recovery using a microfiltration membrane of 0.1 μm of
pore size. Gong et al. [14] reported similar levels of recovery, using a pilot-scale hollow-
fiber PVDF (polyvinylidene fluoride) membrane with 0.02 μm pore diameter. Similar
performance was reported by Lateef et al. [15] when working with a microfiltration (MF)
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concentration unit. On the other hand, Ravazzini et al. [16] only achieved up to 40%
retention of chemical oxygen demand (COD) using ultrafiltration (UF). Differences in
performance are expected, because of different sewage characteristics, since COD removal
will largely depend on the contribution of solids, colloids and solutes to total COD.

Although MF and UF can retain part of the COD, they are ineffective in retaining
nitrogen and phosphorus since a large part of these nutrients are in sewage as soluble
compounds [17]. An efficient sewage concentration would need a process enabling reten-
tion of all pollutants contained in sewage, including solids, colloids and soluble material.
Forward osmosis (FO) is a concentration process based on the natural phenomenon of
osmosis. It has gathered increasing attention during the last decade as an alternative for
traditional pressure-driven membrane processes, such as reverse osmosis (RO) or nanofil-
tration (NF). Recently, it has also been proposed as an alternative for sewage treatment
or pre-concentration [18]. Osmosis is a natural process that promotes the transport of
water between two fluids presenting different osmotic potentials, separated by a selective
membrane: the feed and a draw solution. Then, as a result of water migration, the solution
presenting higher osmotic potential is diluted, and the solution of lower osmotic potential
is concentrated. A secondary process is also required in order to re-concentrate the diluted
draw solution so that it can be used in a closed-loop cycle. Although first developments
dealing with FO were based on the use of RO membranes, membranes specially developed
for FO processes are now readily available in the market [10,19]. The FO-based concentra-
tion of sewage has been already reported [20–22]. However, few reports include assays to
directly determine the methane potential of the produced concentrates. Moreover, reported
research does not usually involve the testing of different membrane technologies with
the same sewage. Sewage properties can change depending on the particular characteris-
tics of the community it comes from, making performance comparison between different
reports difficult.

This research studied the performance of MF, UF and FO processes for pre-concentration
of municipal sewage. Biogenic methane potential tests (BMP) were used in order to
determine the potential energy that could be recovered from the concentrated sewage.

2. Materials and Methods

2.1. Sewage

Experiments were conducted with real pre-settled sewage from the city of Temuco,
Chile. Sewage was collected at the city’s sewage treatment plant from the effluent of the
primary settler. After collection, municipal sewage was stored at 4 ◦C. Pre-concentration
processes started within the first 24 h following sewage collection. Pre-settled sewage
presented COD concentration, total solids (TS) and volatile solids (VS) of 0.25, 0.56 and
0.34 g L−1, respectively.

2.2. Sewage Concentration Setup

Sewage was concentrated by 3 membrane processes: MF, UF and FO. MF concentration
was performed using a tubular ceramic membrane with a pore diameter of 0.2 μm. The
membrane tube was 60 cm long and had an internal diameter of 0.5 cm. UF was carried
out using a tubular polymeric membrane of 30 nm pore diameter. The membrane tube
was 70 cm long and had an internal diameter of 0.8 cm. In both cases, filtration modules
contained a sole membrane tube. Table 1 presents the general characteristics of membranes
used in this study. Before filtration experiments, MF and UF membranes were subjected
to 30 min of oxidative cleaning using NaOCl, providing a free chlorine concentration of
500 mg L−1. During MF and UF operation, transmembrane pressure (TMP) was measured
online by means of a pressure transducer. Permeate was collected by means of a peristaltic
pump, which provided the required TMP. During MF and UF concentration processes,
the flux was automatically controlled in order to keep it nearby the critical permeate
flux. A tool previously reported was used for that purpose [23]. Both membranes were
operated in cross-flow mode, according to the setup shown in Figure 2a. Initial membrane
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resistances (measured with clean water) were 9.4 × 1010 and 2.7 × 1011 m−1 for MF and
UF, respectively.

The FO concentration process was conducted using cellulose triacetate with an em-
bedded polyester screen flat-sheet membrane (CTA) with 0.03 m2 of membrane area. A
new membrane was used during this assay. The membrane was used with the active layer
facing the feed side (sewage). The system was operated in cross-flow mode, and no spacers
were used. A 0.6 M solution of NaCl was used as a draw solution. Figure 2b presents a
schematic representation of the FO filtration setup.

Initial sewage volumes were between 6 and 7 L for the tested membrane processes.
The fed (sewage) was kept refrigerated during the concentration process. Once the con-
centration process was finished, water was flushed through the setup as a way to remove
organics that may have remained in the system as fouling layers.

Figure 2. Filtration setups used in this study. (a) Micro and ultrafiltration. (b) Forward osmosis setup.

Table 1. General characteristics of the membranes used in this study.

MF UF FO

Provider Atech Innovations,
Germany

X-Flow Norit, The
Netherlands

Hydration Technology
Innovations, USA

Material Ceramic aluminum
oxide (Al2O3) Polymeric

Cellulose triacetate with
embedded polyester

screen flat-sheet
membrane (CTA)

Pore size 0.2 μm 20 nm -
Configuration Tubular, inside/out Tubular, inside/out Flat sheet
Filtration area 0.0094 m2 0.0176 m2 0.03 m2

2.3. Biogenic Methane Potential

BMP assays were conducted to determine the energetic potential of concentrated
sewage through MF, UF and FO processes. Assays were conducted in serum bottles
of 120 and 80 mL of total and reaction volume, respectively. Granular sludge from a
full-scale UASB reactor treating brewery wastewater was used as inoculum. Substrate
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(concentrated sewage) was supplemented with 200 mg L−1 yeast extract, 65 mg L−1

NH4Cl, 18.5 mg L−1 KH2PO4, 4 mg L−1 CaCl2·2H2O and 5.7 mg L−1 MgSO4·7H2O.
Sodium bicarbonate was also added to provide buffer capacity (5 g L−1). Reactor bottles
were flashed for a duration of 30 s with a mixture of N2/CO2 (70/30% respectively) in
order to displace the oxygen present in the headspace and then were incubated at 35 ◦C.
Methane production was determined following pressure increase and gas composition in
the headspace of the serum bottles. Pressure was determined with a pressure transducer
(Cole Parmer, model 200). Biogas composition was measured by gas chromatography with
a thermal conductivity detector (Clarus 580, Perkin Elmer, Waltham, MA, USA). BMP is
presented, and the volume of produced methane (in standard conditions) per mass of VS
is present in the concentrated sewage. Assays were conducted in triplicate, and blank
tests without substrate (concentrated sewage) were included to determine endogenous
methane production.

A modified Gompertz model [24] was used to analyze and compare data provided by
BMP tests. The model is given by the following expression:

P = Pm·exp

(
−exp

(
Rm·e
Pm

(λ − t) + 1
))

where P is the produced methane at time t (mLCH4 gVS−1), Pm is maximum methane
production (mLCH4 gVS−1), Rm is the methane production rate (mLCH4 gVS−1 d−1) and λ

is the lag time (d). Calculation of parameters was achieved through a non-linear regression
of experimental data. The coefficient of determination (R2) was computed to evaluate the
goodness of fit of experimental data to the model.

2.4. Specific Methanogen Activity (SMA)

During FO concentration, reverse salt flux was observed from the draw solution to
the feed. Specific methanogenic activity (SMA) tests were carried out to determine the
influence of NaCl concentration on the activity of anaerobic sludge used for BMP tests. Five
different NaCl concentrations were tested: 0, 2.5, 5, 7.5, and 10 g L−1. The SMA assays were
carried out in 120 mL serum bottles containing 50 mL of media. Biomass concentration
was 1 gVS L−1. A solution of acetic acid was used as a substrate, which was previously
neutralized to pH 7 with sodium hydroxide. The composition of the culture media and the
procedure to determine the methane production were the same already described for BMP
tests. SMA was evaluated, determining the maximum production of methane observed
during each assay. Assays were conducted in triplicate.

2.5. Analyses

COD concentration, total solids (TS) and volatile solids (VS) were measured according
to Standard Methods 5520D (closed reflux colorimetric method), 2540B and 2540E, respec-
tively [25]. Na+ concentration was analyzed using an ICP Mass Spectrometer (NexION
350D, Perkin Elmer, Waltham, MA, USA).

3. Results and Discussion

Figure 3 presents permeate flux during MF and UF concentration of sewage. MF
provided higher levels of flux than UF, most likely as a result of a lower fouling tendency.
TMP oscillated on both cases between 0.1 and 0.4 Bar. In the case of FO, observed flux
was in the range of range 2.0–2.5 L m−2 h−1, which can be considered low, even though it
is in the same order of magnitude as others reported when applying CTA membranes to
wastewater treatment [21,26]. Direct concentration by membrane processes such as MF, UF
and FO will be most likely limited by cake layer formation and fouling. Several authors
have suggested the application of pre-treatments to address this potential problem. For
example, several authors have pointed out the convenience of applying DMF to pre-settled
sludge. Settling is a simple and reliable way to concentrate a large part of the organic matter
contained in sewage and can reduce chances of membrane fouling during DMF, as was
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observed by a few authors [16,27]. Indeed, during this research, pre-settled sewage was
used according to the findings of reported experiences. Other authors have proposed the
combination of coagulation with membrane filtration, with positive results [28–30]. Several
fouling mitigation alternatives have been tested when using membranes for water treatment
applications [31]. For example, fouling during the operation of membrane bioreactors has
been extensively studied [32,33]. The particularities of membrane fouling during DMF, and
the best strategies for its mitigation, definitively require further research.

Figure 3. Permeate flux during sewage concentration by MF and UF.

Volume reduction factors during sewage concentration were 8.2, 10.9 and 6.1, for MF,
UF and FO, respectively. The time required to achieve such volume reductions was 10 h
for MF and UF and 74 h for FO. Assays were originally conceived to produce a volume
reduction of eight or higher, which was achieved by MF and UF. However, in the case of
FO, the assay was stopped before, considering the time required for concentration as a
result of the low flux, to prevent excessive COD decomposition. The high time required for
FO-based concentration is the result of the low flux observed for that membrane process.
Time of operation could be decreased by simply increasing membrane area or by adjusting
operational conditions. For example, increasing cross flow velocity improves hydrodynamic
mixing, reducing the external concentration polarization phenomenon [34]. The use of
different FO membranes could also be an alternative. For example, membranes such as
the Thin Film Composite (TFC) have been reported to provide higher water fluxes [9].
Liang et al. [35] reported the use of vertically oriented porous substrates as supports for
minimizing or eliminating the ICP effect of TFC membranes, resulting in water fluxes
exceeding 50 L m−2 h−1. On the other hand, Wu et al. [36] tested a graphene oxide-
modified film nanocomposite (TFN) FO membrane for sewage concentration, reporting
an improved filtration performance. Relevant developments in membrane materials are
expected to take place during the following years that may provide membranes with
enhanced filtration characteristics.

Figure 4 presents COD and VS concentrations of sewage and the concentrates pro-
duced by tested membrane processes. Sewage presents low levels of COD, which is the
result of the fact that samples were taken after primary settling. The COD content of
the concentrated sewage coming from MF and UF presented similar values: 1.46 and
1.52 gCOD L−1, respectively. The COD concentration in the case of the FO process was
lower (0.9 gCOD L−1) as a result of a lower volume reduction. Permeate COD concentra-
tions were 0.044 and 0.049 gCOD L−1 for MF and UF, respectively. COD concentration
in the permeate of FO was in the range of the detection limit of the tested method, most
likely because the high rejection of FO membranes can provide for dissolved organic car-
bon [37,38]. Performance of MF and UF membranes in terms of COD rejection were similar,
despite the differences in pore size. Most likely, this is the result of the effect that fouling
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can have on the rejection of porous membranes since fouling layers can act as a secondary
active membrane [39].

Recovered COD, i.e., the proportion of COD present in the sewage that could be
found in the concentrate, was 71, 59 and 62% for MF, UF and FO, respectively. These
values are in the range of or are slightly below those reported by other researchers when
studying DMF with different membrane processes [13,14,21]. Values of recovered COD
were influenced by the permanence of a relevant amount of COD in the setup, as fouling
layers and contained in the liquid remaining in tubes. This phenomenon is the result of
the use of a clean starting system and a batch operation. Continuous operation is expected
to minimize COD retention in the system as fouling layers with respect to the fed COD.
Moreover, in the case of FO, the long operation time most likely favored biodegradation.

Table 2 presents the Na+ concentration of sewage and concentrated sewage. As
expected, no big changes in Na+ are observed when the sewage is pre-concentrated with
MF and UF processes as a result of the null sodium rejection that these membranes can
accomplish. However, Na+ concentration in concentrated sewage by the FO process
increased nine times. Such an increase is 50% higher than that expected, considering full
Na+ rejection. The difference must be then associated with reverse salt flux from draw
solution, which could contaminate concentrate sewage, potentially affecting subsequent
anaerobic digestion process.

Figure 4. Sewage and concentrated-sewage characterization.

Table 2. Sodium concentration on sewage and concentrated sewage.

Sewage Na+ (g L−1)

Original Sewage 0.22
UF concentrated 0.20
MF concentrated 0.19
FO concentrated 1.94

Methane production during BMP assays using concentrates from MF, UF and FO
are presented in Figure 5a. BMP was very similar for MF and UF, probably as a result
of a similar rejection, as already commented. BMP values were lower than the ones
reported by Gong et al. [14] and Hafuka et al. [40], who applied DMF using UF and
MF membranes, respectively. This could be partially the result of differences in sewage
properties. Interestingly, the BMP was higher for FO concentrate; however, the methane
production rate was notoriously slower. Such observations are confirmed by the kinetic
parameters calculated using the modified Gompertz model, presented in Table 3. Pm for
FO was 30% higher than those for MF and UF, which were almost coincident. On the
other hand, Rm for FO was only 11% of that evaluated for MF. Even though concentrates
produced by MF and UF presented different values for Rm, BMP kinetics were enough in
both cases to provide maximum production in about 10–15 days. It is possible that the
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COD degradation that occurred during the FO concentration process may have affected
the nature of a part of the sewage COD, affecting observed Pm calculated for FO. However,
a comparison of observed BMP values may also suggest that solids retained by FO and
MF/UF were, at least partially, of a different nature, as a result of the FO rejection of solutes
that MF and UF were not able to contain. On the other hand, the lower methane production
rate observed for FO (represented by a lower Rm) is most likely the result of the presence
of Na+ or other ions, as a result of the high rejection of FO membrane and the reverse
salt flux. Figure 5b presents the effect of Na+ concentration on the SMA of the anaerobic
sludge used for BMP determination. A concentration of 2.5 gNa+ L−1 already produces a
decrease in SMP of about 20% during acetate conversion. Sodium concentration during
BMP tests for FO concentrate was close to 2 g L−1, so this factor may have played a role
in the methane kinetics observed. This result agrees with the report from Gao et al. [41],
who also identified the potential inhibitory effect of NaCl during the anaerobic digestion of
FO-concentrated sewage.

Figure 5. Results of the (a) biogenic methane potential (BMP) analyses for membrane concentrated
sewage (MF, UF and FO). (b) Sludge methane activity (SMA) using acetate as substrate, at different
concentrations of NaCl. Error bars indicate standard deviation between replicas.

Table 3. Kinetic parameters obtained from first order exponential model of BMP test for MF, UF and
FO process.

Pm Rm λ
R2

mLCH4 gSV−1 mLCH4 gSV−1 d−1 d

MF 161.9 105.2 0.33 0.988
UF 160.5 146.4 0.36 0.977
FO 210.6 16.4 3.94 0.997
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Based on the BMP results, the potential energy contained in the concentrates can be
estimated, considering the heating value of generated methane. For these calculations,
a lower heating value was considered, 5050 kJ kg−1 [42]. The energy potential was 1.6,
1.6 and 2.1 kWh per kg of VS contained in the concentrates obtained by MF, UF and FO,
respectively. Based on these values, energetic potential can be calculated per m3 of the
original sewage before concentration. Results are 0.19, 0.17 and 0.28 kWh per m3 of un-
treated sewage. These values have been computed considering the levels of organic matter
recovery observed during this research, which could certainly be improved. Since mem-
brane concentration during this research was conducted with pre-settled sewage, previous
values represent only part of the energetic potential of the wastewater. Then, it is inferred
that a combination of settling and membrane concentration may be a suitable alternative
for the extraction of the energetic potential of sewage. Even though FO is a separation
process that provides a much higher rejection of contaminants, if energy recovery is the
main objective driving the concentration process, MF and UF may provide similar levels of
potential energy recuperation. However, a post-treatment will be required to remove the
remaining contaminants in the permeate from those membrane operations. It is interesting
to comment that a combination of FO and anaerobic digestion for sewage treatment has
also been addressed in the form of FO-based anaerobic membrane bioreactors (FOAn-
MBR) [43,44]. However, depending on the way a reactor is operated, performance may be
limited by the low organic matter concertation of the feed [18]. Then, the combination of
membrane-based preconcentration and anaerobic digestion would still present advantages
that should sustain future research oriented to the development of this alternative.

4. Conclusions

• Membrane concentration offers the possibility to convert organic matter contained in
sewage into biogas, a source of renewable energy.

• Even though MF and UF can provide the required concentration process, enabling bio-
gas production, rejection is normally limited to solids and colloids, so post-treatment
may be required.

• Membrane fouling is a key aspect of membrane performance, and it needs to be further
studied to enable the long-term operation of a direct membrane filtration operation.

• FO can provide a better rejection than MF and UF, which may result in higher methane
yields. It is inferred then that FO’s sewage concentration may be technically feasible.
However, some drawbacks need to be overcome, such as low water flux and potentially
inhibitory salt concentration, resulting from high solute rejection and reverse salt flux
from the draw solution.
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Abstract: In Chile, small wastewater treatment plants (WWTPs) (treatment capacity of less than
4,800 m3/d) are normally not designed with consideration for the potential valorization of generated
sludge. For this reason, they are generally operated at high solids residence times (SRT) (15 d) to
promote the decay of biomass, promoting less sludge production and reducing the costs associated
with biomass management. Operation at high SRT implies the need for a larger activated sludge
system, increasing capital costs. The implementation of a sludge-disintegration unit by ozonation in
future WWTPs could enable operation at an SRT of 3 d, with low sludge generation. In this work, we
evaluate how the implementation of a sludge-ozonation system in small WWTPs (200–4000 m3/d)
would affect treatment costs. Four scenarios were studied: (1) a current WWTP operated at an
SRT of 15 d, without a sludge ozonation system; (2) a WWTP operated at an SRT of 15 d, with a
sludge-ozonation system that would achieve zero sludge production; (3) a WWTP operated at an SRT
of 3 d, with a sludge-ozonation system that would provide the same sludge production as scenario 1;
(4) a WWTP operated at an SRT of 15 d, with a sludge-ozonation system that would achieve zero
sludge production. Economic analysis shows that the treatment costs for scenarios 1 and 2 are similar,
while a reduction in cost of up to 47% is obtained for scenarios 3 and 4.

Keywords: disintegration process; ozonation; sludge reduction; sludge retention time

1. Introduction

The management of sewage sludge is an important issue for wastewater treatment
systems. In fact, although the volume of sludge produced in urban WWTPs is around 1%
of their influent flow, sludge management represents around 50–60% of the total operating
costs of WWTPs [1,2]. To address this in a more sustainable manner, sewage-sludge
management has evolved from an approach involving only treatment and disposal to one
considering conversion into value-added products (i.e., bioenergy or biobased materials).
The latter alternative has the potential to reduce the quantity of sludge that ultimately needs
to be disposed of and can reduce overall operating costs [3,4]. However, this approach
usually only represents a viable alternative for valorizing sewage sludge in WWTPs that
serve a population equivalent (PE) greater than 24,000 (4800 m3/d) [5].

In Chile, as in many Latin American countries, about 80% of urban cities have a PE less
than 24,000 [6], and consequently, the number of small WWTP is significant [7]. Moreover,
progressive population growth and consequent urbanization is expected to increase in the
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number of urban WWTPs and therefore the quantity of sewage sludge that will require
proper management [7]. At present, 97% of the Chilean urban population is served by
approximately 300 WWTPs, and around 62% of these plants have design capacities of
less than 4800 m3/d [6,7]. Around 60% of these WWTPs use activated sludge technology
to remove organic matter from wastewater, generating about 345,000 dry tons per year
that must be managed [7]. Operation of activated sludge systems at high SRT values
(15 d) is the most used strategy for reducing sludge production in Chilean WWTPs. As
SRT increases, the maintenance energy in bacterial metabolism increases, which leads
to a reduction in sludge production [8–11]. A reduction of about 60% of excess sludge
production can be achieved when SRT is increased from 2 to 18 days [12]. However, the
operation of activated sludge systems with longer SRTs results in high operating costs
associated with aeration required by aerobic biomass [9,12]. Additionally, this sludge-
reduction strategy promotes the conversion of ammonium nitrogen into nitrate, as a
result of a nitrification process, increasing the aeration requirements. Required energy
consumption for conventional activated sludge WWTPs is between 0.14 and 0.16 kWh/m3

and can increase to 0.65–2.28 kWh/m3 when nitrification processes take place during
biological wastewater treatment [9,13].

An alternative method to reduce sludge production in WWTPs is the application
of in situ sludge-reduction technologies, such as ozonation, ultrasonic methods, alkaline
treatment and thermal processes [2,14,15]. Until now, only ozonation and ultrasonic
methods have been applied in full-scale urban WWTPs [16]. Ozonation promotes the
disintegration and solubilization of biodegradable and non-biodegradable compounds in
the sludge [17,18]. This process can be applied to a fraction of the sludge recycled from
the secondary decanter to the biological reactor. In this case, ozonated sludge is returned
to the biological reactor, where the biodegradable fraction of the hydrolyzed sludge is
assimilated by active microorganisms. This procedure can generate a relevant net reduction
in the amount of sludge that must be managed [10,12]. The ozone dosage is typically in the
range of 0.01–0.74 g O3/g total suspended solids (TSS), resulting in a sludge reduction of
between 10% and 100% [16,17,19]. It is important to note that literature has reported that
the ozone-dose range should be between 0.03 and 0.05 g O3/g TSS to obtain an appropriate
balance between sludge-reduction efficiency and operating costs [20,21].

The implementation of a sludge-ozonation system in existing small urban WWTPs
(operated at an SRT of 15 d) would be economically feasible when sludge management
(dewatering and disposal) costs are higher than the costs associated with ozonation-unit
operation. These costs are the sum of the investment associated with required equipment
and the increase in operating costs related to energy consumption for ozone production,
as well as the additional aeration required to cope with the increase in chemical oxygen
demand (COD) resulting from the ozonated sludge [10,15]. In the case of future small
urban WWTPs, in addition to the aspects already mentioned, it should be considered
that the implementation of a sludge-ozonation system would allow for the design of
WWTPs to be operated at short SRTs (3 d) with a reduced sludge production. Additionally,
operation at such low SRTs would allow for a reduction in investment costs associated with
new WWTPs, mainly due to the lower volume required for both a biological reactor and
secondary decanter. In this context, both sludge-minimization strategies have advantages
and disadvantages when compared to one another, and there is no obviously superior
sludge-reduction method for urban WWTPs with treatment capacities of less than 24,000 PE.
For these reasons, this work is focused on studying the economic viability of the installation
of sludge-ozonation systems in existing and future small WWTPs.

This work is intended to represent a contribution to existing literature by providing
information that can be useful in the evaluation and implementation of potential of sludge-
ozonation units as a way to reduce sludge production in small WWTPs. Previous studies
have concentrated on the techno-economic evaluation of sludge-reduction technologies in
the water line and/or sludge line of large WWTPs [2,15–17], while economic assessments
of sludge-reduction strategies for small urban WWTPs have not been studied.
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2. Materials and Methods

2.1. Description of Studied WWTP Configurations

Four scenarios for the treatment of urban wastewater in small cities are studied in
this work:

• Scenario 1: This scenario is based on a conventional WWTPs that include preliminary
treatment (i.e., screening and grit-removal units), followed by an activated sludge unit
operated at an SRT of 15 days in order to remove organic matter from wastewater, as
well as a tertiary treatment based on chlorination. Generated sludge is dewatered by
means of a decanting centrifuge.

• Scenario 2: This scenario is similar to the first one, but a sludge-ozonation unit is
implemented to obtain zero sludge production during wastewater treatment. With
this alternative, a fraction of the mixed-liquor sludge is continuously transferred to
the sludge-ozonation unit for disintegration and is then returned to the biological
treatment system for biodegradation.

• Scenario 3: A WWTP is designed with an activated sludge system operated at an SRT
of 3 days, combined with a sludge-ozonation unit to produce the same quantity of
sludge as in the first scenario.

• Scenario 4: This scenario is similar to the third one, but in this case, the ozonation unit
is designed to achieve zero sludge production, so decanting-centrifuge requirements
are not considered.

For all studied scenarios, the dewatered sludge is disposed of in a landfill, without any
valorization process. In this work, WWTPs with capacity to treat sewage from a population
equivalent of between 1000 and 20,000 PE (between 200 and 4000 m3/d) were studied.

2.2. Mass and Energy Balances

For the studied scenarios, mass and energy balances were performed considering
typical operating conditions of WWTPs (Table 1). The total influent COD concentration
was 500 mg/L (soluble biodegradable COD (SS): 150 mg/L; soluble non-biodegradable
COD (SI): 50 mg/L; particulate biodegradable COD (XS): 200 mg/L; particulate non-
biodegradable COD (XI): 100 mg/L). Mass and energy balances enabled determination of
oxygen consumption, energy consumption, ozone consumption and sludge production,
as well as sizing of the required unit for wastewater and sludge treatments (preliminary
treatment, biological treatment, sludge ozonation, dewatering and chlorination). Opera-
tional conditions of wastewater and sludge treatment units were considered constant, i.e.,
assuming no daily or seasonal variations occur during the operation of WWTPs.
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Table 1. Summary of values used to perform both mass and energy balances.

Unit Operation Values

Mass balances

Activated sludge process Hydraulic retention time (HRT): 0.25 d
Biomass concentration in aeration tank: 4 kg VSS/m3

Biomass yield (Yx/s): 0.43 kg VSS/kg CODconsumed [22]
Decay coefficient (kd): 0.24 d−1 [22]

Volatile suspended solids concentration in the effluent (VSSeffluent): 0.02 kg VSS/m3

Non-biodegradable fraction of heterotrophic biomass (XP/XH): 0.15 [22]
1.42 kg COD/kg VSS for XP and XH [22]

1.55 kg COD/kg VSS for XI COD fraction [23]
Oxygen requirement for ammonium oxidation: 4.57 kg O2/kg N [22]

Ozonation unit XH, XI and XP were solubilized into SS

Sludge dewatering
25% dry matter

TSS/VSS ratio: 0.75 kg/kg

Energy balances

Wastewater influent
pumping 0.0385 kWh/m3

influent [22]

Screens 0.0004 kWh/m3
influent [22]

Grit removal 0.008 kWh/m3
influent [22]

Aeration 1 kWh/kg O2 [22]

Chlorination 0.00055 kWh/m3
influent [22]

Sludge pumping 0.01 kWh/m3
influent [22]

Centrifuge 0.3 kWh/kg TSS [24]

Ozone generation 15 kWh/kg O3 [25]

TSS and VSS are the concentration of total suspended solids and volatile suspended solids, respectively; and
XH and XP are the concentration of heterotrophic biomass concentration and endogenous residues from decay,
respectively.

For scenario 1, the daily amount of sludge produced from the activated sludge unit
was calculated according to the methodology described by Crutchik et al. (2020) [26]. In
the case of scenarios 2, 3 and 4, where the activated sludge system was combined with a
sludge-ozonation system (Figure 1), sludge generation (kg TSS/d) was calculated using
Equations (1) to (5).

Produced sludge =
(VSSX Ir + VSSX Pr + VSSX Hr)

0.75
× Q0 × HRT ×

(
1

SRT
− α × β

)
(1)

VSSX Ir =
XI0 × SRT

HRT × 1.55
(2)

VSSX Pr = kd × 0.15 × XHr × SRT (3)

VSSX Pr =

(Ss0+Xs0)×Yx/s
1+kd×SRT

HRT
SRT + Yx/s ×

Qozonated sludge

Q0
× α×(1−0.15)

1+kd×SRT

(4)

β =
Qozonated sludge

VR
(5)

where VSSXIr, VSSXPr and VSSXHr are the concentration of VSS inside the reactor associated
to XI, XP and XH, respectively (kg/m3); Q0 is the inlet flow rate (m3/d); Qozonated sludge is
the inlet flow rate of the sludge-ozonation system (m3/d); VR is the volume of the aeration
tank (m3); α is the fraction of sludge that was solubilized during ozonation; and β is the
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amount of daily ozonated sludge with regard to the total amount of sludge in the activated
sludge unit. In this work, a specific ozonation dosage (SOD) was set at 0.03 kg O3/kg
TSS [27], resulting in a sludge-solubilization degree of 25% (α) [27]. According to Equation
(1), once the SOD is fixed and therefore the solubilization sludge degree is established,
the amount of generated sludge can be controlled by manipulation of the fraction of daily
ozonated sludge (β).

Figure 1. Schematic layout of the activated sludge system combined with an sludge-ozonation unit.

2.3. Methodology for Economic Assessment

Economic analysis of wastewater treatment for the studied scenarios was carried out
considering total capital costs, as well as operating and maintenance (O&M) costs of the
WWTP. Total capital costs, as well as operating and maintenance costs for treatment units
are detailed below:

(a) Total capital costs include those related to the purchase of main equipment (prelimi-
nary treatment, activated sludge system, sludge-ozonation, sludge-dewatering and
chlorination units) and for required for piping, instrumentation/electricity, engineer-
ing costs and civil work. The ozonation unit involved the incorporation of an ozone
generator includes an ozonation tank and two pumps. Equipment capital costs were
calculated based on the data and cost functions reported in studies found in the
literature [28–30]. Costs related to the required equipment for piping, instrumenta-
tion/electricity, engineering costs and civil work were estimated as 15%, 25%, 10%,
34%, and 12% of total equipment costs, respectively.

(b) Operating and maintenance costs include energy consumption (due to mixing and
pumping, oxygen requirements for biological treatment system, sludge dewatering
and ozonation generation), reagents, labor and maintenance. Energy consumption re-
lated to the ozonation unit includes the cost of oxygen supply, the energy requirement
for the production of ozone and pumping of ozonated sludge. Energy consump-
tion was corrected based on the WWTP size, taking into account results obtained
by Trapote et al. (2014) [31]. The price of electricity used was USD 0.095 /kWh [32],
and costs associated with sludge disposal were calculated as USD 100 /Ton [33]. The
amount of reagents needed for the sludge-dewatering (polyelectrolytes: USD 2/kg)
and chlorination processes (sodium hypochlorite: USD 0.52 /kg) was calculated,
taking into account a dose of 5 g/kg TSS [22] and 5.1 mg/L, respectively. Maintenance
costs were calculated as fixed percentages of the capital cost (1%). The labor cost of
operators was assumed to be USD 5.45 /person hour.

The minimum cost of wastewater treatment (USD/m3) was estimated as the value
that results in a net present value (NPV) of zero (Equation (6)):

NPV =
T

∑
t=1

Ct × (1 + i)t

(1 + r)t − total capital costs (6)

21



Sustainability 2022, 14, 2480

where Ct is the sum of the operating and maintenance costs, i is the inflation rate (3%), r is
the interest rate (5%) and T is the payback time (20 years).

Uncertainty and variability can be present in the input variables used in economic
analysis. Therefore, a sensitivity analysis was carried out. For this purpose, two economic
parameters (price of energy and sludge-management costs) were considered. A range of
± 15% was considered for each parameter.

3. Results and Discussion

3.1. Effects of Sludge Ozonation on Sludge Production and Energy Consumption

Sludge-mass balance was applied to a WWTP with a sludge-ozonation system in
order to determine how the fraction of daily ozonated sludge (β) affects sludge production
(Figure 2A). The operation of the WWTP without ozone application was used as baseline
to calculate the reduction in sludge production. As can be observed in Figure 2A, when
a certain SOD (kg O3/kg TSS) is applied in the ozonation tank, the reduction in sludge
production depends linearly on the fraction of daily ozonated sludge. Therefore, the
degree of sludge reduction does not depend on the applied SOD, as is generally reported
in the literature [10]. Instead, it depends on the product of the applied SOD and the
fraction of daily ozonated sludge, i.e., the daily amount of applied ozone per mass of solids
(kg O3/kg TSS·d) [34]. The SRT applied in the activated sludge system is another factor
that affects sludge reduction (Figure 2A). An increase in SRT promotes biomass decay,
and therefore, less sludge is generated compared to systems operated at low SRT. This
implies that an increase in SRT in the activated sludge system will produce a reduction
in the amount of ozone required to obtain a given reduction in sludge production. In
fact, when a given SOD is applied to the sludge, the observed biomass yield coefficient
(g SSgenerated/g CODremoved) is lower than that of an activated sludge system operated at
a higher SRT [35]. Generally, the literature provides values of both SOD and percentage
of sludge reduction. However, there is insufficient attention given to the daily fraction of
ozonated sludge and the SRT. This could explain the discrepancies in sludge reduction
reported for similar values of SOD [10,21]. In some works, the flow rate of returned
ozonated sludge is provided, but these data alone do not allow for calculation of the daily
fraction of ozonated sludge [17,36]. As a consequence, the obtained results cannot be
extrapolated to other operating conditions.

Figure 2. Effect of daily fraction of ozonated sludge (β) on (A) sludge production and (B) increase in
energy consumption (SRT: 3 d; 5 d; 10 d; 15 d). An ozone dose of 0.03 kg O3/kg TSS,
resulting in a sludge solubilization of 25% was used for calculations [26].

The specific daily ozone dose (kg O3/kg TSS·d) applied to the sludge depends on
both the SOD and the daily fraction of ozonated sludge. Therefore, a given specific daily
ozone dose could be applied by supplying a high-SOD to a low daily fraction of ozonated
sludge, or vice versa. This second strategy is preferable, since the application of a high SOD
(>0.05 g O3/g TSS) promotes a preferable reaction with dissolved organic matter and/or
radical scavengers released from the sludge instead of solids [37–39]. This entails an
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inefficient use of the ozone to achieve a reduction in excess sludge production [19], which is
not economically feasible [40]. In this work, the application of a low SOD (0.03 g O3/g TSS)
was proposed in order to favor disintegration of solids so that the amount of generated
excess sludge could be controlled by changing the daily fraction of reactor sludge subjected
to the solubilization process. This operating strategy has already been applied by Yasui
and Shibata [41] and Yasui et al. [42], who found a linear reduction in the production of
excess sludge in a pilot plant, as well as a reduction in the daily fraction of reactor sludge
subjected to an SOD of 0.05 g O3/g TSS. These authors observed that for different SRTs,
zero excess sludge production could be achieved by changing the daily fraction of reactor
sludge subjected to ozonation. This would confirm the results obtained in the present work,
i.e., that there is a linear relationship between β and reduction in excess sludge production
and that, furthermore, for a given SRT, the value of β can be adjusted such that zero sludge
production is achieved.

The quality of sludge in terms of COD-type composition (fractions of XH, Xp and XI)
also affects the degree of solubilization obtained for a given daily specific ozone dose
and therefore the percentage of sludge reduction. It is expected that sludges containing
a high fraction of XH would be hydrolyzed easier than those with a high predominance
of Xp and XI fractions. Therefore, the operation of WWTPs at low SRTs would generate
sludge requiring a lower ozone dose to be solubilized. However, the few studies that have
investigated this topic show contradictory results [43,44]. For this reason, in this work, the
solubilization degree was considered constant, independent of the sludge age.

Another parameter that could explain the discrepancy in results found in the literature
when ozone is applied to reduce sludge production at full scale WWTPs is the ozone mass-
transfer efficiency to the bulk liquid [45], which depends on several operating variables,
such as gas flow rate, TSS concentration and ozone concentration [46–48]. These parameters
are the key to improving the efficiency of the ozonation process and therefore to decreasing
operating and capital costs associated with sludge reduction. For this reason, the obtained
results should be expressed as a function of the amount of transferred ozone rather than
the amount of applied ozone [34].

In the model used to carry out mass balance, it was assumed that all organic matter
solubilized by ozone was biodegradable. This assumption was based on previous results
reported by Boehler and Siegrist (2006) [35], who observed that 90% of solubilized organic
matter in ozonated sludge was biodegradable. This fact is also supported by results
provided by Gardoni et al. (2011) [36] and Torregrossa et al. (2012) [49]. They found
that the effluent quality of WWTPs where ozone was used to promote sludge lysis hardly
changed in terms of organic-matter concentration. This implies that the application of
ozone increases oxygen consumption of the WWTP for two reasons: (a) the promotion of
heterotrophic biomass lysis, which releases particulate biodegradable organic matter (Xs)
contained within bacteria to the bulk liquid; and (b) the lysis of the non-biodegradable
particulate fractions of organic matter (Xi and Xp), which allows them to be converted into a
biodegradable carbon source for bacteria. As can be observed in Figure 2B, the application
of ozone to promote sludge lysis has a greater impact on the energy consumption of
WWTPs when they are operated at a low SRT. Basically, this is because operation at low
SRT values promotes the conversion of biodegradable organic matter into biomass, which
implies high sludge production and a low aeration requirement (low energy consumption)
compared to WWTPs operated at high SRTs. Therefore, more ozone and “extra aeration”
are needed to solubilize and oxidize the sludge generated when the WWTPs are operated
under low-SRT conditions.

3.2. Economic Impact of Sludge Ozonation on Treatment Costs

Capital and O&M costs were calculated for each studied scenario and for different
WWTP capacities (Figure 3). The implementation of a sludge-ozonation unit in an existing
WWTP that operates at an SRT of 15 days implies an increase of 0.5–1.2% in capital costs
(Scenarios 1 and 2, Figure 3A) and a decrease in O&M costs of 0.1–5.2% (Figure 3B), resulting
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in a reduction in sludge production to zero. The overall economic evaluation, considering
both capital and O&M costs, shows that the treatment costs of scenarios 1 and 2 are almost
the same. That is, the cost saving related to sludge management and the extra capital and
O&M costs of sludge ozonation are similar under the current sludge-disposal and energy
costs (Figure 4). Of course, the convenience of reducing sludge production by means of
ozonation strongly depends on the sludge-disposal taxes of each country. For example,
in countries with high sludge-disposal taxes, reduced sludge production by ozonation is
an economically viable strategy [17,35]. Even in cases where treatment costs are similar,
the achievement of zero sludge production by ozonation could be an interesting operating
strategy, since sludge-disposal regulations could change over time, and sludge disposal in
landfills or agricultural applications of sludge could be restricted.

Figure 3. Capital (A) and O&M (B) costs estimated for each scenario and for WWTPs of different
sizes ( Scenario 1; Scenario 2; Scenario 3; Scenario 4).

Figure 4. Treatment costs estimated for each scenario and for WWTPs of different sizes ( Scenario
1; Scenario 2; Scenario 3; Scenario 4).

Moreover, scenario 3 consisted of a WWTP designed to operate at an SRT of 3 days,
including an ozonation unit to reduce sludge production to such values as those obtained
when WWTPs are operated at an SRT of 15 (Scenario 1). Therefore, sludge production for
scenarios 1 and 3 are similar. Scenario 3 would see a reduction in both capital (12.3–19.1%)
and operating costs (11.9–49.7%) compared to scenario 1 (Figure 3A,B), leading to a signifi-
cant decrease in treatment costs (Figure 4). The reduction in capital costs is mainly due to
the reduced volumes of the activated sludge reactor and the secondary decanter. On the
other hand, the reduction in operating costs is mainly attributed to aeration requirements,
since the nitrification process does not take place when WWTPs are operated at an SRT
of 3 d. This process increases the energy consumed by activated sludge systems by about
70% compared to activated sludge systems in which only organic matter is removed [9].
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Treatment costs could be minimized if the WWTP is designed to operate at an SRT
of 3 days with zero sludge production (Scenario 4, Figure 4). This scenario is especially
advantageous in the case of WWTPs with the lowest studied treatment capacity, since a
dewatering centrifuge would be no longer needed, generating relevant savings in capital
costs (Figure 3A). As treatment capacity increases, these cost saving offset by the need
for ozonation units with a higher capacity. As a result, the treatment costs for scenarios
3 and 4 tend to match.

Scenarios 3 and 4, where WWTPs are operated at an SRT of 3 days, provide the
lowest treatment costs. This results from their low capital costs in comparison to WWTPs
operated at an SRT of 15 days and their lower operating costs derived from the absence of
nitrification and therefore the oxygen requirement associated with that process. In the case
of scenario 4, the treatment costs are around 47% lower than those of scenario 1 for all the
WWTP capacities studied in this work.

Sensitivity analysis shows that the operating costs of scenarios 1 and 3 present similar
variations (around 3.4–4.1%) for changes of 15% in the prices of both sludge disposal
and energy (Figure 5A,C). Logically, the operating costs of scenarios 2 and 4 do not de-
pend on sludge-disposal price, while changes of 15% in energy prices cause variations of
7.2 and 7.0%, respectively (Figure 5B,D).

Figure 5. Sensitivity analysis for (A) Scenario 1; (B) Scenario 2; (C) Scenario 3 and (D) Scenario 4.

The economic feasibility of reducing sludge production through ozonation depends
mainly on the cost of sludge management, as well as capital and operating costs asso-
ciated with the installation of an ozonation system. To reduce the cost of the last two
factors, it is necessary that the ratio of g TSShydrolyzed/g O3applied be as high as possible
in order to minimize the capacity of the ozone generator and resultant ozone consump-
tion. In this sense, in applications carried out at an industrial level, specific doses of
ozone less than 0.05 g O3/g TSS are applied [17,36,50] since they optimize the ratio of
g TSShydrolyzed/g O3applied. However, factors such as ozone concentration used during the
sludge-hydrolysis process [46] or the efficiency of O3 transfer to the liquid phase [10,18]
are still poorly studied, and their optimization could improve the economics of the pro-
cess. On the other hand, the ozone required to hydrolyze a given amount of secondary
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sludge depends on its composition, which could be determined based on its COD fractions
(XH, XP and XI) [43]. These fractions depend on both the characteristics of the wastewater
and the SRT imposed in the activated sludge system. Therefore, a deeper understanding of
how the hydrolysis of each of the COD fractions occurs is needed in order to determine
the amount of O3 required in each case. Hydrolysis of the sludge by ozonation could
cause a worsening of the effluent quality. The literature agrees that the implementation of
sludge-ozonation systems in WWTPs does not significantly influence the concentration of
COD and SS In their effluent [10], although contradictory results have been reported re-
garding the concentration of nitrogen compounds [17,51]. According to Isazadeh et al. [52],
the efficiency of N removal in WWTPs depends more on operating conditions than on
the presence of an ozonation system. Therefore, when nitrogenous compounds must be
removed from wastewater to satisfy discharge regulations, it is necessary to define the
operating conditions of the WWTP that would allow a compromise to be reached between
minimizing excess sludge production and obtaining a suitable effluent quality.

Currently, the operation of WWTPs is focused on recovering resources from wastewa-
ter in order to minimize the environmental impact associated with wastewater treatment.
In this sense, the use of sludge generated in agriculture, instead of its disintegration through
ozonation, could have a beneficial environmental impact due to the reduced use of chemical
fertilizers. In addition, it must be considered that for a given SRT, the implementation of an
ozone-disintegration unit will imply greater energy consumption by a WWTP, associated
with both the generation of ozone and an increased aeration requirement. Therefore, not
only the techno-economic aspects associated with sludge ozonation should be taken into
account but also its environmental impacts, as it has already been done in the case of sludge
hydrolysis prior to anaerobic digestion [53].

4. Conclusions

In WWTPs where a sludge-ozonation system is implemented, the reduction in sludge
generation and the increase energy consumption depend not only on the specific ozone
dose supplied (kg O3/kg TSS) but also on the daily fraction of sludge ozonated, as well
as the SRT applied in the activated sludge reactor. For a fixed daily specific ozone dose
(kg O3/kg TSS·d), the reduction in sludge generation and the increase in energy consump-
tion is less with an increased SRT.

In the case of Chile, the implementation of sludge-ozonation systems in existing small
WWTPs operated at an SRT of 15 d would not provide a reduction in treatment costs, since
savings related to sludge management are offset by the necessary investment costs, as
well as the increase in energy consumption. However, if a sludge-ozonation system is
considered in the design of a new WWTP, operation at an SRT of 3 d could be considered,
which would provide lower sludge production. This would result in an important decrease
in capital costs, which would have a considerable impact on treatment costs.

In any case, the implementation of a sludge-ozonation system would not have a
negative impact on treatment costs. Additionally, the operation of WWTPs would not be
affected by future changes to sludge-management regulations.
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Abstract: Phenolic compounds are toxic and dangerous to the environment and human health.
Although the removal of phenols and their derivatives is very difficult, it has been achieved by
applying some biological processes. The capacity of microalga to remove phenolic compounds has
been demonstrated; however, few reports of the removal of these compounds in a mixture have been
published. The removal of phenol, p-cresol and o-cresol was performed by batch kinetics at 50 and
100 mg L−1, and the simultaneous degradation of phenol, p-cresol and o-cresol was carried out in a
mixture at 40 mg L−1 using the marine microalga Tetraselmis suecica. The kinetic study was carried
out for 192 h. For concentrations of 50 mg L−1 and 100 mg L−1, phenolic compound consumption
efficiencies greater than 100% and 85%, respectively, were obtained, and up to 73.6% removal in
the mixture. The results obtained indicate that the marine microalga carries out a process of the
oxidation of organic matter and phenolic compounds, mineralizing up to 31.4% to CO2 in the mixture.
Biological treatments using the marine microalga T. suecica can be considered feasible to treat effluents
with concentrations similar to those of the present study.

Keywords: biodegradation; marine microalgae; phenolic compounds; kinetics

1. Introduction

Wastewater is a natural sub-product from any productive process. Phenol is one of
the main contaminants in the effluents of chemical industries and petrochemicals, coke
oven plants, coal mining and pharmaceuticals, with concentrations of 2 mg L−1 to up to
6000 mg L−1 [1].

Phenol and its derivatives are corrosive and toxic compounds that are highly danger-
ous, even at low levels, posing a risk to human health and the environment. Therefore, the
management of phenol-polluted wastewater represents major environmental challenges,
due to its chemical complexity [2]. Hence, strategies for its treatment and elimination have
been studied. In this regard, physical and chemical methods are the most frequently applied
processes to remove phenols from the environment and industrial wastewater. Among
them, electro-oxidation, activated carbon adsorption and photocatalytic degradation are
the most common [3].

Microalgae have gained attention for their wide applications in different areas, in-
cluding the removal of polluting compounds in water [4], due to their ability to remove
toxic compounds [5] such as phenol [6], as well as various phenolic compounds [7]. In
particular, treatment with microalgae species such as Chlorella, Scenedesmus, Dunaliella

29



Sustainability 2022, 14, 6674

and Porphyridium [8], which are freshwater or marine microalgae, has been studied for
water treatment [9]. Few papers have mentioned the marine genus Tetraselmis [10]. In
general, microalgae exhibit a low tolerance to high phenol concentration, and consequently,
low degradation rates are achieved in this condition [11].

The main advantages of using microalgae as biological treatments to remove phenols
from wastewater (freshwater or marine) are their characteristics in terms of growth and
composition. Microalgae are diverse, fast-growing and adaptable to various environments,
with cultivation options in either natural or artificial conditions; they use sunlight as an
energy source and, in addition, some species have a mixotrophic metabolism [12]. Moreover,
the cultures are low-cost and easy to carry out in comparison with electro-oxidation or
activated carbon adsorption.

Degradation studies of phenolic compounds have been reported using Chlorella
pyrenoidosa, at concentrations up to 800 mg L−1, achieving a removal of up to 97% [2]. In
addition, Chlorella vulgaris has been used in the degradation of a mixture of phenol and
p-cresol in the treatment of coal gasification wastewater. The degradation was improved
after the addition of NaHCO3 [11]. The synergistic effect of glucose (as co-substrate) and
phenol was studied using this microalga, increasing the tolerance of microalga to phenol
up to 10 g L−1 [13]. An interesting study revealed the metabolic pathways of Tetraselmis
suecica when it is cultured under nitrogen depletion and starvation. This study high-
lighted that transcripts involved in signal transduction pathways, stress and antioxidant
responses, and solute transport were strongly up-regulated when T. suecica was cultured
under nitrogen starvation, with incidence in the biochemical composition and photosynthe-
sis activity [14]. This can be a mechanism used by T. suecica to remove contaminants from
water, although in some cases, the contaminant removal is associated with many other
contributing factors. Among them, Forootanfar et al. [15] described how T. suecica was
able to remove 67% of the p-chlorophenol at an initial concentration of 20 mg L−1 from the
medium within a 10-day period. However, the efficacy of the process was dependent on the
p-chlorophenol concentration at 60 mg L−1, which was inhibitory. The adaptation phase
was p-chlorophenol-dependent; in this regard, at high concentration, the lag phase growth
was the longest, suggesting that p-CP was not used as a primary growth substrate by the
algae because p-CP elimination was increased by enhancing the cell numbers during the
10-day period. In this way, Forootanfar et al. [15] established that besides cell adsorption,
absorption is another biological pathway for removing organic contaminants by bioac-
cumulation, biodegradation and biotransformation. In addition, these authors used the
purified laccase enzyme for the degradation of substituted phenols. Moreover, Petroutsos
et al. [16] discovered another mechanism in T. marina to eliminate 2,4-dichlorophenol, the
conjugation of a phenolic compound with glucose (glucosidation) and the malonylation of
phenols such as quercetin, which reduced the toxicity of this hazardous compound.

On the other hand, Pop et al. [17] studied the bisphenol effect at 50, 100 and 200 ppm in
the aquatic plant Lemna minor. The results show chlorosis for the 200 and 100 ppm groups,
and no budding formation at all concentrations evaluated. At 100 ppm, non-fermenting
Gram-negative bacteria (Klebsiella aerogenes) and Escherichia coli were found in the root
of the plants; it is maybe associated with the plant chlorosis. However, an interesting
protective effect to oxidative stress was found in the 100 and 200 ppm groups. The above
shows Lemna minor has the potential to withstand and metabolize Bisphenol A up to
100 ppm.

However, to date, there are just a few reports on the removal of phenolic compounds
in a mixture of phenol, p-cresol and o-cresol, which is the way in which they are normally
found in wastewater. Therefore, the aim of this study was to evaluate the ability of the
marine microalgae Tetraselmis suecica to remove phenol, p-cresol and o-cresol separately
and simultaneously in a mixture.
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2. Materials and Methods

2.1. Tetraselmis suecica Culture

The T. suecica microalgae strain was acquired from the Northwest Biological Research
Center (CIBNOR) of Baja California Sur, Mexico. The culture medium for biomass produc-
tion was seawater with a salinity of 35‰, previously sterilized at 15 lb in−2 for 15 min,
adding a sterile nutrient solution, an “algal” medium composed of macro elements and
trace elements [18].

The microalga was inoculated at an initial cell density of 1 × 106 cells mL−1 in glass
serological culture bottles with 800 mL of medium. The microalga was placed in an
incubation room with a light intensity of 180 μmol m−2 s−1, in cycles of 12 h of light–
darkness at a temperature of 20 ◦C and an airflow of 0.55 vvm (air volume/volume of
medium per minute), enriched with a pulse of CO2 to maintain the pH between 7 and 8.
Biomass harvesting was carried out once the exponential phase of growth was achieved.

2.2. Degradation Kinetics

Biological degradation kinetic studies show the consumption of a nutrient and/or
contaminant over time, in order to establish the efficiency of removal and rate of consump-
tion. The kinetics were performed in 160 mL serological bottles, using a working volume
of 60 mL, consisting of 55 mL of algal medium, to which 1 g L−1 NaHCO3 was added as
a carbon source. The bottles were inoculated, in duplicate, with 1 g of Total Suspended
Solids (TSS) L−1 of biomass. Subsequently, the phenolic compounds were added separately
(phenol, p-cresol and o-cresol), each at concentrations of 50 and 100 mg L−1. The exper-
imental units remained in support with agitation at 200 rpm (Thermo Scientific Model
No. 2345 Vernon Hills, IL, USA) and with an incidence of light (180 μmol m−2 s−1). The
samples were taken at 0, 6, 12, 24, 48, 72, 96, 120, 144, 168 and 192 h after starting the
degradation kinetics. Finally, degradation kinetics was carried out with the mixture of the
three phenolic compounds at a concentration of 40 mg L−1 each, under the same conditions
of inoculation, agitation and light incidence as the previous tests.

Control kinetics were performed. First, abiotic kinetics in serological bottles with the
algal medium enriched with NaHCO3 were carried out under the same conditions as the
biotic kinetics, testing concentrations of 50 and 100 mg L−1 of each phenolic compound in
order to rule out chemical oxidation. Measurement of the phenol concentration was at 0, 15,
24, 48, 72, 96, 120 and 144 h. Total organic carbon COD was measured at the beginning at 0,
74 and 144 h. In addition, a control test was carried out with inert biomass and 50 mg L−1

of each phenolic compound to rule out the adsorption of contaminants in the cell wall of
the microalgae. For this test, the biomass was exposed to a temperature of 180 ◦C for 24 h
to cause the destruction of the microalgae. The other conditions of these kinetics are the
same as those described for biotic kinetics. Measurement of the phenol concentration was
at 0, 6, 24, 72, 120 and 192 h. COD was measured at 0, 24, 120 and 192 h.

2.3. Determination of Phenolic Compounds

For the quantification of the phenolic compounds, firstly, the wavelength of maxi-
mum absorbance for phenol and p-cresol was determined by spectrophotometric scanning,
defined at 271 nm and 291 nm, respectively. A calibration curve was prepared in a con-
centration range of 0 to 200 mg L−1 of each compound, separately. The samples were
filtered through a 0.45 μm nylon membrane, before being read in the spectrophotometer.
On the other hand, the wavelength of maximum absorbance for o-cresol was determined
as proposed by APHA [19]. A total of 125 μL of 0.5 N NH4OH was added to 5 mL of
the sample and the pH was adjusted to 7.9 ± 0.1 with a phosphate buffer. Next, 50 μL of
4-amino-antipyridine was added, followed by 50 μL of potassium ferricyanide K3[Fe(CN)6].
After 15 min the absorbance was registered at 500 nm in a spectrophotometer. A calibration
curve in the range of 0 to 5 mg L−1 of o-cresol was used for quantification.

The determination of the phenolic compounds in the mixture was carried out by
means of high-performance liquid chromatography (HPLC, Aligent Varian ProStar model)
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with the modified methodology of Meza-Escalante et al. [20]. A C-18 column was used
at 40 ◦C with a mobile phase of acetonitrile water (30:70), a flow rate of 1.2 mL min−1

and a run time of 15 min at a pressure of 80 atm. The measurement was performed at a
wavelength of 291 nm with an injection volume of 20 μL.

The quantification was carried out by comparing the areas of the calibration curves (in
the range of 15 to 150 mg L−1) of the individual phenolic compounds.

From the concentrations of the phenolic compounds at different times, the removal
efficiency was calculated. In addition, the specific consumption rate was determined based
on the following equation [21]:

qs =
ds

dt
· 1

X
=

Ln So − Ln S

Δt
· 1

X

2.4. Determination of COD and Inorganic and Organic Carbon

Complete oxidation of the phenolic compounds in a mixture was analyzed through
total carbon (TC), inorganic carbon (IC) measurements, and Chemical Oxygen Demand
(COD). COD was determined with a spectrophotometer (Spectroquant Pharo 300, Swedes-
boro, NJ, USA), following the procedure described in standard methods [19]. For quantifi-
cation, a calibration curve of potassium biphthalate from 0 to 500 mg L−1 was performed.
TC and IC were measured in a TOC-L Shimadzu total organic carbon analyzer (Shimadzu
Co., Kyoto, Japan). Calibration curves were made with potassium biphthalate for TC and
the IC curve was made with sodium carbonate and sodium bicarbonate, both from 0 to
500 mg L−1. The samples were taken on the third and eighth day of incubation.

3. Results

In the present study, the capacity of the microalga T. suecica for the elimination of
phenolic compounds (phenol, o-cresol, and p-cresol), individually and in a mixture, was
evaluated. These compounds are mainly present in industrial wastewater of pharmaceuti-
cal, tannery and petrochemical origin.

3.1. Kinetic Study of Phenol, p-Cresol and o-Cresol at 50 and 100 mg L−1

Firstly, the control kinetics carried out (biotic and with inert biomass) did not show
removal of the compounds (coefficient of variation <10%), which rules out chemical oxida-
tion processes and the presence of the adsorption of contaminants in the cell wall of the
microalgae. The above suggests that any removal of the phenolic compounds present in
the tests was a biological process carried out by microalgae.

The biotic kinetics of the separate phenolic compounds at 50 and 100 mg L−1 are
shown in Figure 1. In Figure 1A, the total removal of o-cresol was achieved at 75 h, phenol
at 96 h and p-cresol at 120 h, when the phenolic compounds were added at 50 mg L−1.
However, it can be seen that o-cresol was immediately removed, achieving a concentration
of 5 mg L−1 at 24 h of bioassay, which is 90% removal, while phenol and p-cresol barely
reached about 50% removal. A significant difference was observed between o-cresol and
the other treatments (p ≤ 0.05). On the other hand, in Figure 1B, a similar behavior
was observed in the consumption of the separate phenolic compounds at 100 mg L−1,
highlighting the removal of o-cresol at 24 h, which was similar to phenol and p-cresol
removal at up to 48 h, with a non-significant difference observed between them. The
maximal removal of 94.5% was reached at 192 h (Table 1). The high removal of o-cresol was
according to the highest consumer-specific rate (qs) in both concentrations (Table 1).

These results suggest that the increase in the concentration of phenolic compounds
inhibits the growth and metabolic activity of T. suecica; the same behavior was noticed
in Chlorella vulgaris cultured in the presence of phenol [13] when its concentration was
increased. In addition, Joseph and Joseph [8] showed that, although chlorophyte microalgae,
such as T. suecica, are the most resistant to phenolic compounds, in some species, inhibition
may occur at concentrations from 100 mg L−1. Moreover, at a higher initial concentration
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of phenol, it takes more time to be degraded completely by Chlorella pyrenoidosa [2], which
accords with the behavior shown by T. suecica in this study.

Figure 1. Consumption profile of phenolic compounds (PC) at 50 mg L−1 (A) and 100 mg L−1 (B).
The symbols represent the concentration of each compound: phenol (triangle), p-cresol (rhombus)
and o-cresol (square).

Table 1. Specific consumption rates (qs) and removal efficiencies (RE) obtained by marine microalgae
at two different concentrations of phenolic compounds (PC). The result is given as a percentage.

Compound
50 mg L−1 100 mg L−1

qs RE qs RE

Phenol 1.86 ± 0.22 100 ± 0 1.12 ± 0.01 91.69 ± 0.77

p-cresol 0.93 ± 0.05 100 ± 0 1.11 ± 0.05 85.20 ± 0.66

o-cresol 3.27 ± 0.03 100 ± 0 1.97± 0.31 94.50 ± 0.35

The qs values are given in mg PC (g SST · h)−1 ± the standard deviation. Data were calculated using at least three
points. The removal efficiency at 100 ppm of the PC was determined for 192 h of incubation.
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In this regard, the ability of an improved strain of Chlorella sp. was demonstrated, which
was capable of removing 500 to 700 mg L−1 of phenol completely within seven days at
an initial biomass of 0.6 g/L−1 and under continuous illumination (118 μmol m−2 s−1) [21].
These findings highlight the importance of the adaptability of strains to increase the removal
capacity of phenolic compounds. On other hand, Wang et al. [22] showed that phenol, at
concentrations of less than 100 mg L−1, could be completely degraded in 4 days (96 h) using
the microalga, Isochrysis galbana.

Regarding the elimination efficiencies (Table 1), it is observed that in the kinetics at
50 mg L−1, 100% consumption efficiency was achieved for all the phenolic compounds. On
the other hand, at a concentration of 100 mg L−1, the consumption efficiencies achieved
85.2% for p-cresol and 94.5% for o-cresol.

Moreover, the specific rate of consumption (qs) was calculated to both bioassays
(Table 1). The qs at 50 mg L−1 of each compound are indicated, where it can be seen
that o-cresol shows the highest specific rate of consumption (qs), with 3.27 ± 0.03 mg
o-cresol g TSS −1 h−1, followed by phenol and, finally, p-cresol, which obtain consump-
tion rates of approximately 1.7 and 3.5 times lower. By increasing the concentration to
100 mg L−1 of phenolic compounds, a higher rate of consumption was again obtained for
o-cresol, with a qs = 1.97 ± 0.31 mg o-cresol g TSS−1 h−1, followed by phenol and p-cresol,
which obtain specific rates of consumption of approximately 1.75 and 1.77 times lower with
respect to o-cresol.

There are no reports on the specific rates of consumption of phenolic compounds with
microalgae, but there is information on the qs of p-cresol in a denitrifying biological process,
which are higher than those reported in the present study, with values of at least two and
six times higher at 50 ppm [20,23] and three times for 100 ppm [24]. However, the effect of
increasing the concentration of the phenolic compound caused, in all studies, a decrease in
the rate of consumption.

The order of degradability observed in this work was o-cresol > phenol > p-cresol.
This was contrary to that obtained by Papazi and Kotzabasis [7], who show a degradation
of o-cresol < p-cresol, due to the position of the methyl group with respect to the hydroxyl
group. In this regard, the inhibition was demonstrated by the decreases in qs when
phenolic compounds were increased, except in the case of p-cresol (from 0.93 ± 0.05 to
1.11 ± 0.05 mg p-cresol g TSS−1 h−1). In the case of phenol and o-cresol, qs decreased
1.7 times when phenolic concentration was increased from 50 to 100 mg L−1.

The degradation of phenolic compounds has been studied using marine algae, mi-
croalgae and bacteria. In addition, degradation was studied considering the coexistence
or mixture of phenol and isomers of cresol, such as o-cresol, m-cresol and p-cresol. In this
regard, the presence of p-cresol inhibited the degradation of phenol or o-cresol, or in other
cases, m-cresol degradation was inhibited by the presence of phenol [25]. On the other
hand, a marine alga, Ochromonas dánica, removed 100% of phenols at concentrations of
60 and 375 g L−1 [26]. In some cases, bacteria have been used to degrade phenols and
cresols in a mixture. In addition, Chlorella vulgaris was able to degrade phenol and cresol
during co-metabolism; phenol at low concentrations (100 mg L−1) significantly promoted
the degradation of p-cresol. Moreover, phenol degradation was improved when NaHCO3
was added to the culture media [11] or when a co-substrate such as glucose was used [13].

3.2. Biotic Removal Kinetics for a Mixture of Phenolic Compounds

The capacity of microalgae to remove phenolic compounds has been demonstrated.
However, few reports of the removal of these compounds in a mixture have been published.
In this regard, the capacity of T. suecica to simultaneously remove phenol, p-cresol and
o-cresol was evaluated.

The simultaneous removal of phenol, p-cresol and o-cresol was evaluated in a mixture,
as shown in Figure 2. The total time of the kinetics was 168 h. Up to 36% of o-cresol was
removed at 6 h; from that time, there was no more removal, with a constant concentration
of 25.5 mg L−1 remaining. p-cresol was slowly and continuously removed over time,
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achieving a removal of 73.6% at 168 h. Phenol concentration was constant. No removal of
phenol was observed until 120 h; from that time, only 12.5% was removed at 168 h. This
behavior suggests that the presence of cresol isomers inhibits the microalga’s metabolism
to remove phenol when it is in contact with the three phenolic compounds in a mixture.
On the other hand, the most significantly consumed COD was at 12 h of kinetics (Figure 3).
After this time, an inhibition of organic matter consumption was observed, achieving 31.4%
of removal efficiency of COD. This result can be compared with TOC and IC quantification,
in which TOC decreased, while IC increased within the time (data not shown). This
finding could be due to phenol and cresols having been degraded and mineralized to CO2.
Comparing these results with those in Figure 2, it is possible to assume that p-cresol is the
main phenolic compound degraded to CO2, due to its removal of 73.6%.

Figure 2. Consumption profile of phenolic compounds (PC) in a mixture at 40 mg L−1. The sym-
bols represent the concentration of each compound: phenol (triangle), p-cresol (rhombus) and
o-cresol (square).

Studies on the biodegradation of cresol isomers have rarely been compared with
those about phenol [10]. In this regard, Surkatti and El-Naas [4] studied the degradation
of phenol and cresol isomers by bacteria, finding that in the presence of p-cresol or m-
cresol, the o-cresol degradation was inhibited. Moreover, when an autochthonous microbial
mixture was produced to degrade phenolic compounds, in the presence of phenol, m-
cresol degradation was inhibited [22]. In the present study, phenol presence affected the
o-cresol degradation, because when o-cresol was studied separately, a removal of 100% was
achieved in both evaluated concentrations (50 and 100 mg L−1). According to this, phenol at
low concentrations significantly promoted the degradation of p-cresol by Chlorella vulgaris
during cometabolism [13], but in our case, p-cresol was the only phenolic compound in
the kinetics. When the degradation of phenol, p-cresol and o-cresol was simultaneously
evaluated, the degradation order was phenol < o-cresol < p-cresol. This behavior was similar
to results obtained by Papazi and Kotzabasis [7], who demonstrated that the degradability
of cresols by microalgae is affected by the position of the methyl group with respect to
the hydroxyl.
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Figure 3. Organic matter consumption profile (COD) in a mixture of phenol, p-cresol and o-cresol at a
concentration of 40 mg L−1 each.

Furthermore, adsorption and absorption (it can also involve bioaccumulation, biodegra-
dation and biotransformation) are biological pathways for removing organic contami-
nants [16]. In this study, only the adsorption mechanism was determined, which was
at its minimum in the control assay with an inert biomass of T. suecica. Therefore, we
assume that absorption was the mechanism used by T. suecica to eliminate the phenolic
compounds. However, it is possible that other mechanisms are involved in this process,
such as the conjugation of phenolic compounds with sugars and conjugated carbohydrates
with phenols such as quercetin, which reduce the toxicity of this hazardous compound.
This proposed mechanism was discovered in T. suecica for the elimination of p-chlorophenol
by Petroutsos et al. [16].

In Table 2, the capacity of microalgae, marine and freshwater, to remove or eliminate
phenolic compounds is summarized, including the results of the present study. It is interest-
ing to remark upon the diversity of phenolic derivates that microalgae can eliminate from
different sources and matrices in a variety of concentrations, mainly presenting the mecha-
nism of absorption in most of them, which includes biotransformation, bioaccumulation
and biodegradation.

Table 2. Degradation of phenolic compounds by marine and freshwater microalgae.

Microalga Phenolic Compound Conditions
Initial Concentration

(mg L−1)
Removal

(%)
Reference

Tetraselmis suecica

phenol,
p-cresol,

o-cresol (separately)
mixture of phenol,

p-cresol and o-cresol

192 h

50
100
40

(each one in
a mixture)

100
85

Up to 73.6
This work

Chlorella pyrenoidosa
phenol 1

p-cresol 2
coal gasification

effluent, pH 8
800 1

400 2 97.4 [2]

Chlorella pyrenoidosa phenol refinery wastewater 200 100 [6]
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Table 2. Cont.

Microalga Phenolic Compound Conditions
Initial Concentration

(mg L−1)
Removal

(%)
Reference

Chlorella vulgaris
phenol 1

p-cresol 2 cometabolic NaHCO3
100 1

300 2
68.2 1

64 2 [11]

Chlorella vulgaris phenol
mixotrophic with
glucose addition

(co-sustrate), 6 days.
Up to 400 Up to 30 [13]

Tetraselmis suecica p-chlorophenol

10-day period in
aqueous medium 1.

Immobilized in
alginate beads 2

20 67 1

94 2 [15]

Tetraselmis marina
2,4-dichlorophenol

(2,4-DCP)

6 days
glycosidation and

malonylation
Not defined Up to 1 mM [16]

Chlorella sp phenol 0.6 g/L−1 initial
biomass, 7 days

500 100 [22]

Isochrysis galbana phenol 96 h <100 100 [23]

Ochromonas dánica phenol
heterotrophic growth
with 2 mM glucose,

2 days
94 100 [26]

Superscript in the same line indicates the phenolic compound with its respective concentration used.

4. Conclusions

The marine microalgae Tetraselmis suecica turned out to be an alternative for the
removal of the phenolic compounds studied (phenol, p-creosol and o-cresol), reaching
removal efficiencies of 85% at concentrations of up to 100 ppm, which can be an alterna-
tive for the elimination of these compounds in the treatment of wastewater. Moreover,
the present study constitutes a clear demonstration of the simultaneous elimination by
microalgae of those pollutants generated mainly by the petrochemical industry.
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Abstract: Mathematical modeling has become an indispensable tool for sustainable wastewater
management, especially for the simulation of complex biochemical processes involved in the activated
sludge process (ASP), which requires a substantial amount of data related to wastewater and sludge
characteristics as well as process kinetics and stoichiometry. In this study, a systematic approach for
calibration of the activated sludge model one (ASM1) model for a real municipal wastewater ASP was
undertaken in GPS-X. The developed model was successfully validated while meeting the assumption
of the model’s constant stoichiometry and kinetic coefficients for any plant influent compositions.
The influences of vital ASP parameters on the treatment plant performance and capacity analysis
for meeting local discharge limits were also investigated. Lower influent chemical oxygen demand
in mgO2/L (COD) could inhibit effective nitrification and denitrification, while beyond 250 mgO2/L,
there is a tendency for effluent quality to breach the regulatory limit. The plant performance can
be satisfactory for handling even higher influent volumes up to 60,000 m3/d and organic loading
when Total Suspended Solids/Volatile Suspended Solids (VSS/TSS) and particulate COD (XCOD)/VSS
are maintained above 0.7 and 1, respectively. The wasted activated sludge (WAS) has more impact
on the effluent quality compared to recycle activated sludge (RAS) with significant performance
improvement when the WAS was increased from 3000 to 9000 m3/d. Hydraulic retention time
(HRT) > 6 h and solids retention time (SRT) < 7 days resulted in better plant performance with the
SRT having greater impact compared with HRT. The plant performance could be sustained for a quite
appreciable range of COD/5-day Biochemical Oxygen Demand (BOD5 in mgO2/L) ratio, Mixed Liquor
Suspended Solid (MLSS) of up to 6000 mg/L, and when BOD5/total nitrogen (TN) and COD/TN are
comparatively at higher values. This work demonstrated a systematic approach for estimation of the
wastewater treatment plant (WWTP) ASP parameters and the high modeling capabilities of ASM1 in
GPS-X when respirometry tests data are lacking.

Keywords: activated sludge model 1 (ASM1); GPS-X Mantis model l model; model calibration
and validation; municipal wastewater management; stoichiometric and kinetic parameters;
treatment performance evaluation

1. Introduction

Activated sludge system (ASS) is one of the critical treatment processes for various wastewaters,
with over 90% of the municipal wastewater treatment plant (WWTP) using it as the core part of their
treatment scheme [1,2]. The activated sludge process (ASP) uses suspended microbial consortium
in the wastewater to remove biodegradable organic matters and nutrients, mainly under aerobic
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conditions [3,4]. Mathematical modeling has become an indispensable tool, especially for the simulation
of complex biochemical processes involved in ASP, which requires a substantial amount of data related
to wastewater and sludge characteristics, as well as process kinetics and stoichiometry. Among various
dynamic and steady-state mathematical expressions and models describing the ASP, activated sludge
models (ASM) such as suggested by the International Water Association (IWA) have most frequently
been employed for the design, operation, and optimization of biological wastewater treatment plants [5].
Amongst these models, the ASM number one (ASM1) has become an internationally accepted ASM,
describing the biological removal processes of organic matter and nitrogen, including nitrification and
denitrification mechanisms [5,6]. The model comprises eight essential processes: (i) aerobic growth of
heterotrophic biomass, (ii) anoxic growth of heterotrophic biomass, (iii) aerobic growth of autotrophic
biomass, (iv) heterotrophic biomass decay, (v) autotrophic biomass decay, (vi) soluble organic nitrogen
ammonification, (vii) hydrolysis of entrapped particulate organic matter, and (viii) hydrolysis of
entrapped organic nitrogen [5,7]. ASM1 has been considered as the primary reference model because
it prompted the universal recognition of ASS modeling. With high potentials of providing a good
depiction of the sludge production process, the ASM1 primarily describes the removal of organic and
nitrogenous compounds with concurrent NO3

− and O2 consumption as acceptors of the electron [5].
ASM1 model basically adopts COD as a parameter for representing organic matter concentration
in wastewater. The ASM models developed by IWA have been incorporated into the various
design, simulation, and optimization software such as GPS-X (Hydromantis Environmental Software
Solutions, Inc. Hamilton, ON, Canada), BioWin (EnviroSim associates LTD. Hamilton, ON, Canada),
ASIM Activated Sludge SIMulation Program (Swiss Federal Institute of Aquatic Science and Technology
Eawag, Dübendorf, Switzerland), SIMBA (IFAK-Institut für Automation und Kommunikation e.V.
Magdeburg, Germany), WEST (DHI A/S Hørsholm, Denmark), STOAT (WRc plc. Wiltshire, UK) and
Sumo (Dynamita, Sigale, France) [8,9]. The learning and prediction performances of the software
mentioned herein are significantly dependent on the successful calibration and validation of the
model [8].

The parameters that have the greatest impact on the model can be identified by performing the
sensitivity analysis with the parameter estimation method during the dynamic or steady-state calibration
steps [10,11]. Following the calibration stage, the model must be validated by comparing the actual
treatment plant data and predicted data by the calibrated model. The GPS-X software, a comprehensive
plant-wide model, developed by Hydromantis Environmental Software Solutions Inc. [12], has recently
been receiving great attention due to its wide variety of pre-compiled treatment technologies, ease of
use, and easily accessible training materials [13–15]. In steady-state model calibration, parameters
such as f p, bH, and YH that influence long-term behavior are an example of relevant parameters to be
considered [16]. Nevertheless, calibration parameters responsible for the short-term (i.e., dynamic
behavior), such as μmaxH, μmaxA, the correction that included ηanoxic,h, KS, KNH4, KOH, and KOA, are
equally important to be estimated during the steady-state calibration [10,12,16]. However, one of
the major setbacks for ASM calibration is identifying and selecting the most appropriate parameters
-amongst several parameters- that are crucial for achieving apt and good calibration for a given ASP [10].
Thus, the appropriate methodology needs to be adopted for success in this regard [10], which is usually
achieved via performing analysis to ascertain the ability of the combination of set parameters that would
adequately describe the ASP [16]. Finding the right and most appropriate ASM parameters for a given
system is challenging due to the complex nature of ASMs, several integrated model’s parameters as well
as their interdependencies [5,6,16]. This renders the determination of all necessary model parameters
and successful ASP calibration time-consuming and expensive processes [10]. Consequently, several
methodologies have been proposed for achieving successful ASM calibrations [10,11,15,17–21]. In this
regard, sensitivity analysis has been applied in the determination of the most influential ASMs model
parameters as it helps in achieving calibration, reduces the difficulty, and to optimize the process [11,22].
Other authors [17,19,23] presented detailed steps for the most relevant parameters for real WWTP
data under ASM1. Their analysis resulted in identifying a set of kinetic and stoichiometric coefficients
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that included YH, YA, μmaxH, BH, μmaxA, KS, KOA, and ηanoxic,H as the most relevant parameters for
their model. Systematic methodologies were also presented for the selection of the most relevant
parameters for the ASM2d model [17,24]. Using BioWin software, Liwarska-Bizukojc and Biernacki [10]
identified 17 most influential stoichiometric and kinetic and parameters for ASM-based models from
46 stoichiometric and 71 kinetic parameters via sensitivity analysis.

Generally, identifying and selecting the most relevant parameters during modeling WWTP using
ASP models’ platforms is a cumbersome and challenging task to implement during the calibration
process. Approaches presented by other authors using methods such as sensitivity analysis are prone to
be challenging as they rely on other technicalities (such as requirements for determination of statistical
parameters), which are outside the capabilities and jurisdiction of GPS-X software. This is manifested
in its bare implementation, especially for complex ASM GPS-X ASP models, as demonstrated in the
reviewed literature. Thus, in this study, a simple and systematic approach for successful steady-state
calibration implemented, entirely, under GPS-X based ASP model for a real WWTP modeling is
presented. The approach does not rely on any prior information about real influent composition such
as organic and nitrogen fractions and other required mass balance data related to state and composite
variables and their fractionation; hence it does not require respirometry tests. Characterization of
influent via laboratory respirometry protocols is used for determining several stoichiometric and
biokinetics for biological process calibration under study [25]. Respiratory protocols are related
to oxygen consumption measurements for biomass aerobic activities involving autotrophic and
heterotrophic bacteria exogenous-growth (classed into NOB and AOB ammonium oxidizing bacteria)
as well as their endogenous-respirations [13,25,26]. These measurement protocols are highly technical,
expensive, and often challenging. Moreover, the approach presented herein is supported by the visual
as well as real-time output presentation capabilities of GPS-X models. This work targeted employing
the high potential modeling capabilities of ASM1 executed in GPS-X software for identifying the most
influential and relevant kinetic and stoichiometric parameters and applying them for modeling and
understating the influence of operational parameters on real WWTP.

2. Materials and Methods

2.1. Description of Dhahran North Sewage Wastewater Treatment Plant (DWWTP)

Dhahran North Sewage Wastewater Treatment Plant (DWWTP) is located at the Dhahran district
of Eastern Province, Saudi Arabia (26◦18′31.18′′ N 50◦9′40.87′′ E) (Figure 1). DWWTP is an activated
sludge wastewater plant and receives only domestic wastewater with an average flow rate of 52,012
(±4440) m3/d. The wastewater flow enters the DWWTP via gravity sewers from three areas: Doha
residential area, Saudi Aramco Dhahran facility, and King Fahd University of Petroleum and Minerals
(KFUPM) campus area. The influent first contacts with mechanically cleaned step screens followed by
vortex grit removal chambers. A flow equalization tank is used to balance the peak flows. After that,
the screened and de-gritted wastewater flow is distributed to the aeration tanks, where the biological
stabilization of organic matter is accomplished. The aerated effluent exiting the aeration tanks is
conveyed to secondary settling tanks for the removal of solids. The belt filter press units have been
used for sludge dewatering of excessive sludge.
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Figure 1. Geographic location and an aerial view of the Dhahran North Sewage Wastewater Treatment
Plant (DWWTP).

2.2. DWWTP Wastewater Quality Characteristics

The influent and effluent data used in this research are collected from the influent into the ASP
from the primary clarifier and effluent from the secondary clarifier of the DWWTP, respectively.
The collected samples were transferred to the Environmental Chemistry Laboratory of Environmental
Engineering Department, Imam Abdulrahman Bin Faisal University, and analyzed immediately for
pH, conductivity, turbidity, dissolved Chemical Oxygen Demand in mgO2/L (COD), Biochemical
Oxygen Demand in a 5-day incubation period in mgO2/L (BOD5), NO2

− NO3
−, NH3−N, and Total

Nitrogen (TN) in compliance with the procedures in “The Standard Methods for the Examination
of Water and Wastewater” [27]. Table 1 summarizes the descriptive statistics such as mean, median,
standard deviation (SD), minimum (Min), maximum (Max), kurtosis, and skewness of the analyzed
parameters for influent and effluent samples of the DWWTP. During the studied period, the pH
values of influent samples were found to be 2.40% (±2.76) higher than those of effluent samples,
which could be ascribed to the denitrification process resulting in pH increase [28,29]. The turbidity
removal efficiency of the DWWTP was calculated as 96.8% (±2.23), while conductivity change between
influent and effluent samples was negligible. The BOD5 and COD treatment performances of the ASP
in DWWTP were 89.2% (±7.79) and 75.4% (±20.74, respectively. The NH3

+
−N was the dominating
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nitrogen form in the influent samples and treated with 98.6% (±1.74) efficiency, leading to 67.6% (±6.90)
of TN removal efficiency while meeting regulatory limits as provided in Table 2.

2.3. Methodology

2.3.1. DWWTP ASP Modeling in GPS-X

GPS-X software version 8 (Academic license) developed by Hydromantis Environmental Software
Solutions, Inc. is used in this present work [12]. It is a widely used comprehensive standalone model
built with integrated biological wastewater treatment processes for ASP and anaerobic digestion system
(ADS), as well as many other involving physical and chemical reactions. The Mantis model integrated
into GPS-X software re-adapted ASM1, incorporating some amendments about additional growth
processes related to heterotrophic and autotrophic organisms. Additionally, the Mantis model factored
aerobic denitrification as part of its components [30]. In this work, the ASP model employed was
designed in a carbon and nitrogen custom components library in GPS-X software under the MANTIS
and simple1d clarifier model [12]. The model comprises of over 60 composite and state variables along
with several libraries of expressions describing the processes with more than 30 stoichiometric and
24 kinetic input and output parameters incorporated [12]. This implies that the modeling approach
adopted ASM1 for carbon degradation, nitrification, and denitrification thereby, targeting only removal
of COD, BOD5, and nitrogen components (i.e., NO2

− + NO3
−, NH3−N, and TN).

Table 1. Descriptive statistics summary of the parameters measured for influent and effluent of DWWTP.

Parameter Unit Mean Median SD Min Max Kurtosis Skewness

Influent Values

pH − 7.44 7.35 0.247 7.13 8.06 1.11 1.06
COD mgCOD/L 180 179 73.2 68.0 359 1.30 0.568
BOD5 mgO2/L 79.9 72.0 26.6 48.0 144 2.00 1.49
NO2

− mgN/L 0.048 0.040 0.025 0.019 0.119 3.68 1.64
NO3

− mgN/L 0.729 0.498 0.624 0.141 2.01 −0.183 0.954
NH3−N mgN/L 18.7 19.3 6.41 7.03 35.0 1.94 0.664

TN mgN/L 22.8 24.1 5.87 12.2 27.8 1.76 −1.37

Effluent Values

pH − 7.61 7.57 0.256 7.12 8.23 1.73 0.712
COD mgCOD/L 44.2 40.7 21.7 15.4 94.2 0.199 0.779
BOD5 mgO2/L 8.63 8.00 5.35 2.00 18.0 −0.919 0.500
NO2

− mgN/L 0.040 0.033 0.024 0.016 0.096 2.49 1.72
NO3

− mgN/L 2.71 2.75 1.50 0.960 6.07 −0.061 0.440
NH3−N mgN/L 0.261 0.100 0.370 0.091 1.58 12.3 3.38

TN mgN/L 7.38 7.82 1.09 5.50 8.32 0.622 −1.25
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2.3.2. Model Assumptions

With model constraints as per ASM1 [5], the assumptions are adopted for the development of the
model in this study are as follows

• ASP operates at a content temperature
• a constant concentration of dissolved oxygen (DO) is maintained, and there is sufficient mixing

within the reactor
• pH is steady and near-neutral value
• The model’s coefficients are assumed to be constants for any influent characteristics
• there are enough inorganic nutrients to ensure sufficient growth
• there is simultaneous hydrolysis of organic and nitrogenous compounds.

2.3.3. GPS-X Modeling Approach

Using the data in Table 2, the modeling in this study was undertaken via simulation in the GPS-X
environment using the following steps

1. Collection minimum real DWWTP data required for the GPS-X modeling
2. Portraying the existing DWWTP in terms of influent and physical data of the central unit operations
3. Selection of model objects via the construction of the DWWTP layout representation in

GPS-X environment
4. Characterization DWWTP influent wastewater quality parameters (inserting the required values

of the easy to measure, i.e., COD, NO2
− + NO3

−, NH3−N, and TN)
5. Adjusting and setting influent fractionation of the COD and nitrogen components (not easy

to measure influent components) using the GPS-X influent advisor to an acceptable state and
composite variables mass balance

6. Running the model and calibration via adjusting kinetic, stoichiometric, and other relevant
parameters to fit the model to obtain the best matching between model output and the actual
plant effluent quality data

7. Validate the calibrated model using a different set of DWWTP wastewater quality data
8. Running simulations under different scenarios to analyze the effect of relevant operational

parameters of the plant capacity and performance in terms of final effluent quality.

2.3.4. Systematic GPS-X Model Calibration and Validation

The influent data for month 1 (as presented in Table 2) was employed as the calibration simulation
input data. Meanwhile, for the model validation, the period covering three months (months 2–4) was
used as the input data. The schematic steps for the systematic model calibration and validation adopted
in this study are illustrated in Figure 2. The standard statistical, as elaborated earlier, was undertaken
(as provided in Table 1), and the calculated confidence intervals were found to be within a 90–95%
significance level. The simulations were performed under steady-state conditions for both model
calibration and validation processes. The best-identified parameters proving collective matching of
measured plant effluent quality data, i.e., total COD, BOD5, NO2− +NO3

−, NH3−N and TN for the
calibration, were then applied on the for validation simulations undertaken for the different periods
(month 2, 3, and 4). The steps for the DWWTP plant steady-state systematic calibration process are
explained as follows.

1. Representation of DWWTP for the biological treatment units and stages flow diagram in the
GPS-X environment is depicted in Figure 3.

2. Selection of the GPS-X model library (here Carbon and nitrogen costume library).
3. Using the GPS-X influent advisor, characterize the influent flow via inputting the plant influent

quality data: COD, NO2
− + NO3

−, NH3−N, and TN.
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4. If GPS-X influent advises mass balance calculations requirements (i.e., organic, nitrogen and
MANTIS fractions) are satisfactory for the state, and composite variables move to step 6.

5. If there exists an imbalance in mass balance calculations in step 4 above, manually adjust
organic, nitrogen, and MANTIS fractions until satisfactory state and composite variables balance
are achieved.

6. Run calibration using month 1 data based on GPS-X defaults kinetics and stoichiometric parameters
values. If the model prediction fits all the respective effluent quality parameters data within
acceptable limits, calibration is done.

7. If the GPS-X default model fails, initial screening and identifying of the most sensitive parameters
is undertaken by running ASP and clarifier model parameters optimizations for four whole
months plant data via manually adjusting the relevant defaults parameters values one-by-one
while visually observing GPS-X output response in collective predicting the effluent quality
parameters in terms of COD, BOD5, NO2

− + NO3
−, NH3−N, and TN.

8. Re-run the calibration of month 1 data via changing the values of the identified and screened
parameters in step 7 to optimize their prediction abilities further.

9. Select the parameter values that yielded the best modeling prediction in terms of standard effluent
quality parameters. These are the final calibrated parameters.

10. Validate the performance of the above-developed model against a different set of real DWWTP
data (i.e., month 2, 3, and 4).

Figure 2. Flowchart for systematic GPS-X model calibration and validation process.
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Figure 3. A schematic flow diagram for DWWTP activated sludge process (ASP) representation in
GPS-X [12].

2.3.5. WWTP Performance and Capacity Analyses

The capacity of DWWTP under different steady-state operational scenarios of influencing
parameters was investigated via simulations using the validated GPS-X model. The influence
of primary influent wastewater characteristics, fractioning components of COD and nutrients as well
as the physical, operational variables were assessed against collectively, meeting regulatory effluent
discharge limits of COD, BOD5, NO2

− + NO3
−, NH3−N, and TN.

3. Results and Discussion

3.1. DWWTP ASP Model Calibration

The model calibration simulation targeted estimation of the best-fitted parameters for a specific
given set of real data acquired from the DWWTP understudied. Data for month 1 was used for
initial calibration using GPS-X default parameter values [12]. This was achieved by characterizing
the influent composition satisfying the mass balance expressions that required changing the GPS-X
default values of the influence fractioning for BOD5/BODultimate, Si, Ss, Xi, XBH, XBA, and Snh from 0.66,
0.05, 0.2, 0.13, 0, and 0 to 0.75, 0.0556, 0.32, 0.12, 0.176 and 0.142, respectively (Table 3). The initial
calibration result under this scenario as depicted in Figure 4a was excellent for carbon contents
(i.e., COD and BOD); however, it failed to capture the actual values of all the nitrogenous components
by grossly overestimating NH3−N (13.093 against 0.0408 mgN/L) and TN (14.23 against 7.49 mN/L)
and underestimating NO2

− +NO3
− (0.16 against 2.45 mgN/L). Thus, this necessitated an additional

strategy adopted by first identifying the most relevant parameters, and then adjusting them to balance
the model’s predictability, collectively, for both the carbonous and nitrogenous quality parameters
using procedure elaborated under Section 2.3.4 steps 7–9. The calibration results for this second
approach presented in Figure 4b shows that there is good agreement between the predicted and
actual for all the parameters, collectively. This was achieved after identifying and optimizing the
thoroughly mixed tank composite variables stoichiometry, model stoichiometry, kinetics parameter as
well as the clarifier parameters as provided in Tables 3 and 4. The quality of the GPS-X calibration
results was ascertained after confirming that simulated output was within the actual data values
statistical confidence interval. In contrast, the difference between measured and simulated values of the
quality parameters was insignificant [10,16,31]. Additionally, most of the values of the settings for the
calibrated models are well within the range of values reported in the literature [10,32–37]. The GPS-X
default calibration failure was high, attributed to the lower or higher values of the parameters as
suggested by GPS-X [12], especially those related to nitrogenous compounds (such as iXB, iXP, KNH4,
and kA) in Table 4. These parameters were found to be very sensitive to slight changes, yet they had to
be systematical, increased by 2.47, 3.24, 3.58, and 4 folds to achieve the acceptable calibration (Table 4).
This was the case despite initially satisfying major parameters accountable for the long-term behavior
(such as, i.e., YH, bH), for NOB (baerob,N) and AOB (baerob,A). This corroborates earlier observation
reported by other authors [10] that achieved lower predictions of simulated COD and BOD5 which
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they postulated to be as results of overestimation of BioWin model biomass affinity to their studied
wastewater (represented by a half-saturation constant for heterotrophic biomass for their model).

Figure 4. (a) GPS-X default (b) calibration-month-1 data (c) validation-month-2 data (d) validation
-month-3 data and (e) validation-month-4 data.
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Table 3. GPS-X Default or adjusted influent stoichiometry parameters based on GPS-X influent advisor.

Influent Stoichiometry Composition GPS-X
Default

Calibration Validation

ClassificationParameter Unit Month 1 Month 2 Month 3 Month 4

Influent
Fractions

icv gCOD/gVSS 1.8 1.8 1.8 1.8 1.8
fbod − 0.66 0.75 0.75 0.75 0.75
ivt gVSS/gTSS 0.75 0.75 0.75 0.8 0.8

Mantis
Nutrient
Fractions

iXB gN/gCOD 0.068 0.068 0.0177 0.068 0.068
iXP gN/gCOD 0.068 0.068 0.0544 0.068 0.068

Organic
Fractions

Si − 0.05 0.0556 0.0556 0.08 0.08
SS − 0.2 0.32 0.32 0.32 0.32
Xi − 0.13 0.12 0.12 0.12 0.12

XBH − 0 0.176 0.176 0.176 0
XBA − 0 0.142 0.142 0.142 0

Nitrogen
Fractions

Snh − 0.9 0.9 2.98 0.9 0.9

Interestingly, in this present study, the model’s performance during the calibration was found
to be significant, influenced by the RAS and WAS, which had to be changed to reflect the reality of
the studied DWWTP from low default values of 2000 and 1200 m3/d drastically increased to 15,000
and 10,000 m3/d before achieving the obtained good calibration. Earlier studies indicated the strong
influence and contribution of WAS and RAS for successful ASP model calibration [35].

3.2. DWWTP ASP Model Validation

After the successful calibration of the plant, validation became the next task. Model validation
can be defined as the excellent agreement of the model’s predictions when compared with a different
set of data that did not partake in the model’s development within acceptable limits. The validation
was achieved by considering months 2, 3, and 4 discrete average monthly effluent quality from which
the calibrated model simulations results were compared with the actual as depicted in Figure 4b–d,
respectively. Similarly, these validation results marched with the existing plant data well and within
the acceptable limit. It is interesting to observe that all model’s stoichiometry and kinetic parameters
are similar and are applicable for both the calibration and validation (all month 1 to 4 simulated data).
However, in each case, it requires initial characterizing of the influent stoichiometry fractions (Table 3)
to depend on the influent wastewater quality parameters, which vary from month to month (Table 2).
This adequately satisfies the model’s assumption that all the constants model’s coefficients for any
influent characteristics. The model validation results show that calibrated models performed well
in capturing the biological processes at the DWWTP for treating the municipal wastewater and be
adequately considered to be acceptable. Thus, the performance capacity of the DWWTP was further
investigated and analyzed under different operating conditions, as presented under the sections below.

3.3. Influence Parameters on DWWTP Performance and Capacity Analyses

The simulation results for DWWTP performance and capacity analyses under different steady-state
operational scenarios of influencing parameters using the validated GPS-X model are presented and
discussed under this section with meeting regulatory effluent discharge limits for COD, BOD5,
NO2

− + NO3
−, NH3−N, and TN. Among them are some of the most influential parameters observed

during the calibration process, which included wastewater quality parameters, VSS parameters biomass,
and endogenous fractioning COD fractioning on activated sludge and clarifier sizing.
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3.3.1. Influence of Activated Sludge and Clarifier Sizing DWWTP Capacity and Performance

The effect of reactor tanks size in terms of AST volume and CSA are provided in Figure 5a,b,
respectively. As the AST volume was increased (Figure 5a), so also the concentrations of the
effluent quality parameters decrease, reaching an optimal value at 30,000 m3, which is comparable
with the DWWPT AST of 29,841 m3. Even though higher AST volume beyond this value would
be inconsequential on the effluent quality for COD and BOD5 removal, yet it was susceptible to
significantly diminish the degradation of the nitrogenous compounds. Figure 5b suggests that CSA
larger values above 5000 m3 would yield better plant performance, although the operational plant
clarifier area of 3810 m2 was quite adequate. These results imply that the sizes of the plant’s main
reactors were optimally designed to handle the scenario during the present study. Additionally,
the plant performance can be sustained even if higher inflow volumes are to be treated.

Figure 5. Influence of (a) influent flow (b) activated sludge tank (AST) volume (c) clarifier surface
area (CSA) (d) recycle activated sludge (RAS) (e) waste activated sludge (WAS) on DWWTP capacity
and performance.
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3.3.2. Influence of Inflow, RAS, and WAS on DWWTP Capacity and Performance

The impact of Q presented in Figure 5d depicts a steady decrease in the plant’s ability to remove
COD and BOD5 for increasing the Q from 10,000 to 50,000 m3/d reaching maximum values of 23 and
8 mgO2/L, respectively. Meanwhile, this inflow change resulted in a slight improvement of TN and
a decline in effluent NO3–N + NO2–N. Afterward, higher Q values led to the effluent quality (TN,
COD, and BOD5) to deteriorate rapidly with the vulnerability of the plant to fail in meeting discharge
limits when Q > 60,000 m3/d. This suggests that the monthly DWWTP flow of 52,012 (±4440) m3/d
was entirely within desirable values for effective plant performance. Simultaneously, the plant can
accommodate slightly higher Q values without undermining its performance within the acceptable
effluent quality. RAS and WAS are the two vital parameters required to be set to ensure the retention
of the active microbial community in ASP [35,38–40]. There existed marked differences between the
influences of changes there two parameters on the DWWTP performances. This can be deduced
from Figure 5d,e, which shows that the WAS has more impact on the effluent quality compared to
RAS. As increasing the RAS over a considerable range, 3000 to 18,000 m3/d, exerted no influence
on the plant performance; however, there is substantial performance improvement when the WAS
increased from 3000 to 9000 m3/d. The COD and BOD5 are dramatically decreased from 130 and
95 mgO2/L to 40 and 20 while the TN decreased from 30 to 10 mgN/L, respectively. The insignificant
effect of RAS could be attributed to the fact that the simulations were run under steady-state at the
plant design while the maximum recycled ratio was 0.25 to 0.34, a typical range for conventional ASP.
Invariably, the attainment of the design MLSS was only feasible at a minimum WAS of 9000 m3/d. Thus,
the respective plant operational RAS and WAS of 15,000 and 10,000 m3/d were sufficient to sustain
the plant performance for acceptable effluent quality. This is attributed to the higher influence of the
WAS and the SRT which is one of the vital operational parameters of ASP as corroborated by earlier
studies and discussed below. Similar to the present study, Elawwad et al. [35] reported a successful
achievement optimization of a huge WWTP with great contributions of WAS flow rates.

3.3.3. Influence of MLSS, HRT, and SRT on DWWTP Capacity and Performance

As critical ASP design and operating parameters [38], the influence of MLSS, hydraulic retention
time (HRT), and SRT on DWWTP performance are presented in Figure 6. For that, the treated water
effluent and the sludge flow lines were employed for the assessments of the performance of the DWTTP.
The MLSS trend shown in Figure 6a suggested that the plant could maintain its performance over an
appreciable range of MLSS of up to 6000 mg/L. Even though above this MLSS value, the BOD5 and
nitrogen components removal will insignificantly be affected, yet there could be a dramatic increase in
the COD components. This can be attributed to the sudden increased in the TN in the final effluent
when the MLSS reached 6000 mg/L. While the model indicated that higher HRT resulted in better COD
and TN removals (Figure 6b), in contrast, higher SRT are prone to significantly undermine the ability
of the DWWTP to eliminate both COD and TN (Figure 6c) despite its effectiveness in ammonia-N
removal under the various investigated operational parameters. The modeling data suggest that the
condition for better performance is when the plant was set to operate at HRT > 6 h and SRT < 7 days.
Results presented by Elwaad et al. [35] indicated better nitrification and denitrification when operated
at SRT of 7 days, in agreement with the present study. However, other similar studies reported higher
SRT values of up to 15 days [24,39,41].

These results further demonstrate that SRT—which is controlled via setting the WAS flow based
on the design MLSS in the AST, and it decreases with an increase in the WAS—stands as the single
vital parameter influences ASP compared to HRT [41,42]. The SRT, when operated under the lower
WAS > 6000 m3/d was expected to ensure improved plant performance for both carbon and nitrogen
compounds removal (Figure 5d). Additionally, the HRT should be kept as low as possible for optimal
COD removal, effective clarifier performance as well as nitrification. At the same time, higher values
necessitate leading to energy expenditure due to oxygen requirements [41]. Other studies indicated
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that higher SRT leads to increased ASP O2 requirements and energy expenditure, while too low is
susceptible to result in partial denitrification and higher effluent nitrogen content [41].

Figure 6. Influence of design (a) MLSS (b) SRT, and (c) hydraulic retention time (HRT) on DWWTP
capacity and performance.

3.3.4. Influence of Influent Wastewater Quality Parameters on DWWTP Capacity and Performance

The results depicted in Figure 7a show that the CODout and BOD5out increases proportionally,
with increasing CODin concentration. Meanwhile, at lower CODin the inhibition of effective nitrification
and denitrification is manifested in the higher effluent nitrogenous parameter concentrations that
decrease as the CODin increases [38]. As the CODin reaches beyond 250 mg/L, there was a tendency for
CODout and BOD5out to breach the regulatory limit of 50 mg/L and 40 mg/L, respectively. This was
also the case for the TN, which started to drastically increase at the 250 mg/L CODin inflation point
(Figure 7b). Considering that most of the average influent of the plant was far below this threshold
(ranged between 129.05–215 mg/L), this implies that the plant performance was satisfactory for the
handling even higher influent organic loadings. While the increase in influent total (NO3

− +NO2
−)

insignificantly influenced both nitrogen and carbonous compounds degradation (Figure 7c), however,
lower influent TN (Figure 7b) was susceptible to result in higher CODout and BOD5out (near the
discharge limits) which could drastically reduce at higher TN values before stabilizing when the TN
was beyond 14 mN/L.
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Figure 7. Influence of influent wastewater quality parameters o (a) COD (b) Total ammonia (c) Nitrate
+ Nitrite and (d) Total nitrogen on DWWTP capacity and performance.

Similarly, an increase in total influent NH3−N would slightly affect CODout and BOD5out

(Figure 7d). The plant was favorably useful for nitrogen removal when operated at lower influent
NH3−N and TN up to 12.5 and 14 mN/L, respectively. However, above these values, the nitrification
and denitrification efficacy would tend to dwindle considerably. This nitrification-denitrification
process, which is responsible for wastewater removal of nitrogen with approximately up to 67% of
this mechanism is occurring under anoxic (i.e., anaerobic) condition [43]. However, denitrification is
also known to take place under aerobic conditions by special denitrifying bacteria. Meanwhile,
the influent wastewater organic nitrogen (i.e., the amine groups, −NH2), is converted to ammonia
via ammonification by heterotrophic bacteria as given in Equation (1) [43]. Accordingly, for organic
oxidation under ASP, microbes can be either heterotrophic (mostly, bacteria or fungi and protozoa),
deriving energy from organic compounds oxidation, or autotrophic, which are nitrifying bacteria
getting energy from the oxidation of reduced inorganic compounds such as NH3−N, NO3

−, ferrous iron,
and S2− [38]. Thus autotrophic microbes are responsible for oxidizing NH3−N from which energy
for CO2 uptake and growth are produced through the nitrification process via two-step oxidation:
(i) oxidization of NH3−N to NO2

− and (ii) NO2
− to NO3

− by nitroso−bacteria and nitro-bacteria, in
equation 2 and 3 respectively. Under anoxic conditions, NO3

− or NO2
− can be reduced to N2 via

the denitrification process [38]. The high rate of NH3− N removal is manifested in the model’s high
ammonification rate of 0.4, which resulted in lower simulated NH3−N for all cases investigated. This is
corroborated in the higher NH3 − N removal performance of the DWWTP lowering the NH3−N in the
effluent (average 0.261 mgN/L) compared to the influent concentration of average 18.7 mgN/L.
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3.3.5. Influence of Influent Wastewater VSS Parameters on DWWTP Capacity and Performance

Figure 8a,b presents the dependencies of effluent quality parameters on influent VSS/TSS and
XCOD/VSS ratio, respectively. Appropriate proportioning of these ratios is of paramount importance
for ensuring the efficacy of WWTP biological treatment processes [38]. As shown in Figure 8a,
lower VSS/TSS values were not favorable for the effective removal of both TN and carbonous
materials in the wastewater, yet effective NH3−N oxidization was achievable under the whole range of
VSS/TSS. This suggests that denitrification cannot be successful under lower values of the VSS/TSS

ratio, which needed to be maintained above 0.7, with the best performances stabilized from 0.8.
Even though a similar trend is associated with XCOD/VSS, however, it can be observed that change
in this parameter has more impact on the effluent wastewater quality compared to the VSS/TSS

(Figure 8b). Lower XCOD/VSS can significantly hinder the overall plant capacity to treat the wastewater
because the developed model indicated that only 12–13% of the XCOD accounts for the inert fraction
(i.e., Xi in Table 3). Thus, to get the best DWWTP performance and ensure acceptable effluent quality,
the influent wastewater XCOD/VSS should be maintained at a value greater than 1 with an optimal value
of 1.38. This optimal value agrees with reported values of 1.41 and 1.22, as reported by Abdelsalam
Elawwad et al. [35] and Nadja Hvala et al. [32], respectively. Moreover, this modeling results provided
an insight into the VSS parameters considering the inconsistent data collected from the plant for the
present study. This suggests that the plant VSS/TSS was more likely to be the range between 0.75–0.8
as obtained from the model calibration and validation.

3.3.6. Influence of Influent Wastewater COD Fractioning and Nitrogen Fractioning on DWWTP
Capacity and Performance

The tCOD in wastewater organic matter is divided into biodegradable and non-biodegradable
components, Equation (4), with a relative proportion of these components known to influence the
efficacy of biological treatment processes [11,12,38,44,45]. However, in biological processes such as ASP,
further subdivisions do exist, including active biomass (XBH and XBA discussed under Section 3.3.8)
that forms part of the tCOD [12,24,44,45].

tCOD = Ss + Si + Xs + Xi (4)

Even though the influence of Ss on the efficacy of ASP has been reported intensively, in the
literature, investigation on other components of the COD received lesser attention [45,46]. For instance,
the XS fraction and/or substrates can be a significant source of the Ss in the form of organic colloidal
and/or particulate that can significantly influence the processes of COD, nitrogenous compounds
removal as well as other wastewater treatment processes [46]. As shown in Figure 8c, the CODout and
BOD5out decreased from 30 and 15 mgO2/L to about 20 and 5 mgO2/L when the Ss was decreased
from 0.1 to 0.3 before stabilizing over the considerable range (0.3–0.7). Afterward, the CODout and
BOD5out linearly increased significantly, reaching up to 90 and 70 mgO2/L for Ss = 1, respectively.
Despite effective nitrification and denitrification over the whole range of the Ss, which yielded TN,
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NH3–N, and NO3–N + NO2–N below their respective regulated limits, however, the optimal plant
capacity for nitrogenous compounds removal was observed when the Ss was set at a minimum
value of 0.8. However, the DWWPT model developed was at Ss = 0.32, which is sufficient to get all
effluent quality parameters within the acceptable limit. Contrastingly, the plant capacity for removal
of both nitrogenous and carbonous compounds persistently deteriorated as the inert proportion of
the particulate COD (i.e., Xi) was increased (Figure 8d). The Xi should be kept below 0.2 to ensure
acceptable effluent quality as corroborated by the model’s adjusted values (Table 3).

Figure 8. Influence of VSS parameters and COD fractioning and nitrogen/nutrient fractioning on
DWWTP capacity and performance.

Meanwhile, as the Xi = 0.12 and Si = 0.0556 are comparatively low, the model assumes that the
higher proportion of the sbCOD (i.e., soluble biodegradable particulate and colloidal COD) effectively
underwent extracellular enzymes hydrolyzation and availability for biomass assimilation [30]. On the
other hand, Figure 8e shows the relevance of Snh (i.e., NH4/TKN ratio) on TN removal, which suggests
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that for acceptable plant performance, the Snh should be kept above 0.55. Meanwhile, the Snh has a
lesser influence on the CODout and BOD5out, and increasing it improves the effluent quality, which
steadied for Snh > 0.45. For both the nitrogenous and carbonous quality parameters, the obtained
simulated values of the Snh for the plant data follow the GPS-X default value of 0.9. The ASM1
model adopted in this study considers both XND and XS as transformed into SS and SND, respectively,
via hydrolysis [5,45], which is evident from the presented results.

3.3.7. Influence of COD/BOD5, BOD5/TKN, and COD/TKN Ratios on DWWTP Capacity
and Performance

The ASPs are common, operational under carbon-limited conditions with COD/BOD5 ratio as an
acceptable index for evaluating the biological treatability efficacy of municipal wastewater [38,44,47].
The COD/BOD5 ratio of raw domestic wastewaters has usually been reported within the range of
1.25 and 2.50 [38]. Wastewater having the COD/BOD5 ratio below 2 can easily be biodegraded while
the biodegradability of sewage is susceptible to be limited if the COD/BOD5 > 3 [48–51]. With the
mean COD/BOD5 of 2.23 for the DWWTP, Figure 9a suggests that the DWWTP performance could be
sustained for a quite appreciable range of COD/BOD5 ratio. Moreover, the insufficient biodegradable
organic carbon content concerning the nitrogen content in raw DWW influent is one of the limiting
parameters for effective biological nitrogen removal. Low BOD5/TN ratio in an influent leads to a
quick carbon deficit and an uneven nitrification and denitrification process due to the competition
between denitrifying bacteria and other heterotrophs substrate [20,52]. On the other hand, with a lower
COD/TKN ratio, ASPs could be in more carbon-limited conditions for some domestic wastewaters,
which might be inadequate to attain complete denitrification [48]. However, this is not the case
for DWWTP having an average value of 7.89, which is manifested in the high denitrification of by
the DWWTP.

Figure 9. Influence of (a) COD/BOD5 (b) BOD5/TKN and (c) COD/TKN ratios on DWWTP capacity
and performance.
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Figure 9b,c reveal similar trends for BOD/TN and COD/TN ratios, which indicated better DWWTP
performance when the ratios are kept comparatively at higher values. This corroborated earlier
findings that showed high COD/TN > 5.5 is desirable for achieving efficient nitrogen removal [53].
Similarly, BOD5/TN < 4 suggests nitrification occurring as a separate process for domestic wastewaters,
whereas the BOD5/TN > 4 combined approach is more likely to occur [44].

3.3.8. Influence of Influent Wastewater Biomass and Endogenous COD Fractions on DWWTP Capacity
and Performance

The effects of organic biomass fractions of the COD are provided in Figure 8. The trends in
Figure 10a,b are comparable for both heterotrophic (XBH) and autotrophic (XAH) influent of the biomass
organic fraction and the final effluent quality. As both the increase of the fraction, there is a continuous
decline of the effluent quality. The obtained calibrated XBA = 0.176 and XAH = 0.142 for the DWWTP
indicated that they are quite adequate for the excellent operational performance of the plant.

Figure 10. Influence of (a,b) biomass and (c,d) endogenous fractioning on DWWTP capacity
and performance.

The influence of endogenous fraction UH and UA has shown in Figure 10c,d, respectively,
suggests that the dynamics of UA insignificantly influence the plant performance, which contrasted
that of UH. For the latter case, an increase in the fraction could substantially improve the quality
parameters, mostly the COD. As a consequence, the model corroborates the GPS-X defaults (Table 4) [12].
The endogenous respiration phase in an ASP process considers no addition of an external substrate.
The biomass is left on its own, and the substrate is generated via a decay and hydrolysis process.
The process results in the release of both non-degradable matter Xi and nutrients, XND [5,7,38,45].
Thus, under this phase, the ASM1 mass balance considers only Ss, Xs, Xi, and XBH [45]. In the mass
balance cycle, the production of heterotrophic organisms represented by XBH is lost by the decay XBH,
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which transforms XBH to Xs. Meanwhile, the generated Xs are lost via hydrolysis leading to the Ss

production of which is further used by heterotrophic growth converted to produce XBH at the expense
of component So (i.e., respiration). Similarly, the biomass growth and decay follow a similar pattern
for the processes involving nitrogen components (XND, SND, and SNH) and nitrifying (autotrophic)
organisms (XBA).

4. Summary and Conclusions

In this study, a systematic approach for calibration of the ASP model for a real municipal
wastewater plant activated sludge process was undertaken in GPS-X. The developed model was
successfully validated while meeting the assumption of the model’s constant stoichiometry and kinetic
coefficients for any plant influent characteristics. The developed model was employed for the treatment
of plant performance and capacity analysis. The study concludes that:

1. The sizes of the plant’s main reactors were optimally designed to handle the scenario during the
present study, although the plant performance can sustain higher inflow volumes.

2. Lower influent COD could inhibit the active nitrification and denitrification, while at influent
COD beyond 250 mg/L, there is the tendency for effluent quality COD, BOD5, and TN to breach
the regulatory limit, implying that the plant performance can be satisfactory for handling even
higher influent organic loadings.

3. The plant favorably performed well for nitrogen removal when operated at lower influent NH3−N
and TN up to 12.5 and 14 mN/L, respectively. However, above these values, the nitrification and
denitrification efficacy would tend to dwindle considerably.

4. The plant could maintain its performance over an appreciable range of MLSS of up to 6000 mg/L.
While above this MLSS value, the BOD5 and nitrogen components removal will have an
insignificant effect, yet there could be a dramatic increase in the COD components attributed to a
sudden increase in the effluent TN.

5. Higher HRT resulted in better COD and TN removals; in contrast, higher SRT are prone to
significantly undermine the ability of the DWWTP to eliminate both COD and TN despite its
effectiveness in an ammonia-N reduction under the various investigated operational parameters
with better performance when the plant was set to operate at HRT > 6 h and SRT < 7 days.

6. The influence of COD/BOD5 suggests that the DWWTP performance could be sustained for a quite
appreciable range of COD/BOD5 ratio, while the plant influent BOD5/TN ratio of 7.89 manifested
in results in high denitrification.

7. Better DWWTP performance could be achieved when the BOD5/TN and COD/TN are kept
comparatively at higher values.

8. Lower VSS/TSS values were not favorable for the effective removal of both TN and carbonous
materials in the wastewater, and the ratio should be maintained above 0.7, yet effective NH3−N
oxidization was achievable under the whole range of VSS/TSS.

9. XCOD/VSS has more impact on the effluent wastewater quality compared to the VSS/TSS.
Lower XCOD/VSS can significantly hinder the overall plant capacity to treat the wastewater.
To ensure the best plant performance and acceptable effluent quality, the influent wastewater
XCOD/VSS should be maintained at a value greater than 1.

10. Increasing the Q from 10,000 to 50,000 m3/d slightly, decreased the plant’s ability to remove
COD and BOD5 while resulting in a slight improvement of TN and a decline in effluent
NO3–N + NO2–N. Afterward, higher Q values led to the effluent quality (TN, COD, and BOD5)
to suddenly increased for Q > 60,000 m3/d

11. The WAS has more impact on the effluent quality compared to RAS. Increasing the RAS over
a considerable range (3000 to 18,000 m3/d) comparatively, exerted an insignificant influence on
the plant performance. However, when the WAS increased from 3000 to 9000 m3/d, the COD
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and BOD5 noticeably decreased from 130 and 95 mgO2/L to 40 and 20, respectively, while the TN
decreased from 30 to 10 mgN/L.

12. This work further verifies the high potential modeling capabilities of ASM1 executed in GPS-X
software for identifying influential and relevant kinetic and stoichiometric parameters and
employing them for modeling and understating the influence of operational parameters on real
WWTP when respirometry tests data are lacking
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Abbreviations

ADS Anaerobic digestion system
ASM activated sludge model
ASP activated sludge process
AST Activated sludge tank
AOB Ammonia Oxidizing Biomass
BOD Biochemical Oxygen Demand
BOD5 Biochemical Oxygen Demand in a 5-day incubation

period in mgO2/L
COD Chemical Oxygen Demand in mgO2/L
CSA Clarifier surface area
DO Dissolved oxygen
bCOD Biodegradable COD
nbCOD Non-biodegradable COD
sbCOD Slowly Biodegradable COD in mgO2/L
rbCOD Readily Biodegradable COD mgO2/L
tCOD Total COD mgO2/L
MLVSS mixed liquor volatile suspended solids
TSS Total Suspended Solids
VSS Volatile Suspended solids
TKN Total Kjeldahl Nitrogen
TN Total Nitrogen
NOB Nitrite Oxidizing Biomass
DWWTP Dhahran north sewage wastewater treatment plant
SD standard deviation
WWTP wastewater treatment plant
HRT Hydraulic retention time
RAS recycle activated sludge (under flow)
SRT Sludge retention time
WAS wasted activated sludge (pumped flow)
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Nomenclature

Symbol Parameter Unit

XCOD Particulate COD mgO2/L
SS Readily biodegradable soluble fraction of COD −

Si Soluble inert fraction of COD −

XS Soluble Biodegradable particulate fraction of COD −

Xi Particulate inert fraction of COD −

XBH Heterotrophic biomass fraction of total COD −

XBA Autotrophic biomass fraction of total COD −

XP Inert materials fraction −

Snh ammonium fraction of soluble TKN −

So Dissolved oxygen
NO2

− Nitrite mgN/L
NO3

− Nitrate mgN/L
NH3−N Total ammonia (free NH3−N and ionized NH4

+
−N ammonia) mgN/L

f p Particulate products fraction of biomass
ivt VSS/TSS gVSS/gTSS
icv XCOD/VSS gCOD/gVSS
fbod BOD5/BODultimate ratio −

iXB N content of active biomass gN/gCOD
iXP N content of endogenous/inert mass gN/gCOD
YH heterotrophic yield gCOD/gCOD
UH heterotrophic endogenous fraction
YA autotrophic yield gCOD/gN
UA autotrophic endogenous fraction
μ max,H heterotrophic maximum specific growth rate 1/d
KS,S readily biodegradable substrate half-saturation coefficient mgCOD/L
KO,H aerobic oxygen half-saturation coefficient mgO2/L
KA,H anoxic oxygen half-saturation coefficient mgO2/L
ηg anoxic growth factor −

KNO nitrate half-saturation coefficient mgN/L
KNH4 ammonia (as nutrient) half saturation coefficient mgN/L
bH heterotrophic decay rate 1/d
KALK, H alkalinity half-saturation coefficient for heterotrophic growth mgCaCO3/L
μ max,A autotrophic maximum specific growth rate 1/d
KNH ammonia (as substrate) half-saturation coefficient mgN/L
KO,A oxygen half-saturation coefficient mgO2/L
bA autotrophic decay rate 1/d
KALK, A alkalinity half-saturation coefficient for autotrophic growth mgCaCO3/L
kh maximum specific hydrolysis rate 1/d
Kx slowly biodegradable substrate half-saturation coefficient gCOD/gCOD
ηh anoxic hydrolysis factor −

kA ammonification rate m3/gCOD/d
Q Inflow rate m3/d
d Tank depth m
v Volume of tank or reactor m3
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Abstract: Real-time control of wastewater treatment plants (WWTPs) can have significant environ-
mental and cost advantages. However, its application to small and decentralised WWTPs, which
typically have highly varying influent characteristics, remains limited to date due to cost, reliability
and technical restrictions. In this study, a methodology was developed using numerical models that
can improve sustainability, in real time, by enhancing wastewater treatment whilst also optimising op-
erational and energy efficiency. The methodology leverages neural network and regression modelling
to determine a suitable soft sensor for the prediction of ammonium-nitrogen trends. This study is
based on a case-study decentralised WWTP employing sequencing batch reactor (SBR) treatment and
uses pH and oxidation-reduction potential sensors as proxies for ammonium-nitrogen sensors. In the
proposed method, data were pre-processed into 15 input variables and analysed using multi-layer
neural network (MLNN) and regression models, creating 176 soft sensors. Each soft sensor was then
analysed and ranked to determine the most suitable soft sensor for the WWTP. It was determined
that the most suitable soft sensor for this WWTP would achieve a 67% cycle-time saving and 51%
electricity saving for each treatment cycle while meeting the criteria set for ammonium discharges.
This proposed soft sensor selection methodology can be applied, in full or in part, to existing or new
WWTPs, potentially increasing the adoption of real-time control technologies, thus enhancing their
overall effluent quality and energy performance.

Keywords: real-time control; neural network; soft sensor; regression; sequencing batch reactor

1. Introduction

Advances in instrumentation, control and automation are aiding the development
of intelligent real-time control (RTC) systems that can be used to predict, analyse and
judge the real-time state of a system and self-adapt/organise based on input signals from
sensors [1–5]. RTC systems can improve decision making and optimise system performance
and are well suited to the control of complex and dynamic processes. However, sensors
and detectors can produce large quantities of data that can be challenging to store, process
and analyse. Thus, advances in analytic, decision-making, and process optimisation tools
are required to enable the development of RTC systems. This has driven research into the
use of numerical modelling techniques in a variety of engineering applications such as
water fault detection, aquaculture and vaccine development [1,3,6–9].

An area where RTC can disruptively innovate and increase process efficiencies is in
wastewater treatment. Protection of water resources and water quality is a key sustainable
development goal [10], and the effective and sustainable treatment of wastewater is essential
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to this. Untreated wastewater results in water pollution, which affects both environmental
quality and public health [11,12]. Therefore, environmental regulatory compliance in
the wastewater treatment sector is vital. However, in the process of meeting regulatory
compliance, wastewater treatment plants (WWTPs) can often inefficiently consume energy
and be operated inefficiently due to a lack of suitable control processes.

1.1. RTC in Wastewater Treatment Facilities

Wastewater hydraulic flow rates and organic concentrations fluctuate over time; how-
ever, wastewater treatment plants are typically rigidly designed and operated to process
worst-case scenarios (e.g., maximum hydraulic and design mass loading rates) [13–15].
This, in addition to stringent regulatory requirements, can result in inefficiencies in treat-
ment capacity and energy consumption [13]. It has been noted that providing effective and
efficient operation requires advanced or RTC solutions that can increase process control
and efficiencies [5,16]. This is particularly true for small-scale WWTPs commonly located
in towns and villages which have the additional challenges of (i) a lack of permanent oper-
ators and local expertise, (ii) relatively high energy costs, (iii) sludge handling, (iv) variable
influent hydraulic or organic loads, and (v) inflexible operating regimes [17,18]. Despite
these challenges, small WWTP operators are required to comply with tight regulations,
which are proving difficult to meet. In Europe, the Urban Wastewater Treatment Directive
(UWWTD) (91/271/EEC) specifies the standards for effluent discharged from WWTPs with
population equivalents (Pes) exceeding 2000. These regulated parameters include biochemi-
cal oxygen demand (BOD), chemical oxygen demand (COD), ammonium-nitrogen (NH4-N)
and total suspended solids (TSS). In sensitive locations, additional parameters can include
the monitoring of total phosphorus (TP) and total nitrogen (TN). The implementation of
the Water Framework Directive (2000/60/EC) means more stringent limits can be attached
to smaller WWTPs depending on status of the receiving waters.

RTC presents a viable means of advanced and targeted control which has significant
potential to improve energy efficiency and environmental performance [19], this can lead to
improved sustainability [20] in both large- and small-scale WWTPs. Despite considerable
developments in sensor technology, real-time analysis of key parameters such as NH4-N
remains a challenge in terms of robustness, accuracy and affordability [4,20–22]. Therefore,
the use of cost-efficient and reliable soft sensors as surrogates to predict certain param-
eters holds significant potential for disruptive innovation [23,24]. Several studies have
demonstrated that sensors measuring parameters such as oxidation-reduction potential
(ORP) and pH can act as surrogates for NH4-N sensors [15,25–30] (Table 1). However,
the implementation of these results at small-scale WWTPs is limited. Much of this research
is limited to raw and differentiated pH and ORP sensor data as input variables. To the
knowledge of the authors, no research has been conducted using a suite of pH and ORP
variables (i.e., variables identified from the pH and ORP profile characteristics).

Table 1. Summary of research on advanced RTC methodologies with surrogate sensors.

Objectives Control Methodology Influent Type Study Type References

Advanced RTC Methodologies

Strategy proposal for SBR
optimisation using pH, ORP and DO

profiles and fuzzy clustering
algorithms for detecting critical

process transitions

Fuzzy clustering with
wavelet de-noising

Synthetic wastewater

Strategy examined
using data collected

from a pilot-scale
SBR reactor

[16]

Investigation into the use of pH,
ORP and DO sensors with an
advanced control strategy to

optimise nitrogen removal in a
continuous system

Fuzzy logic
Urban wastewater

with a small
industrial input

Pilot-scale
continuous
flow plant

[31]
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Table 1. Cont.

Objectives Control Methodology Influent Type Study Type References

Advanced RTC Methodologies

Development of an RTC strategy
using artificial NNs with ORP and
pH sensors for optimised nitrogen
removal and phosphorus uptake

Artificial NNs Synthetic wastewater
Laboratory-scale
continuous flow

SBR reactor
[28]

Examination of using NNs for
predicting biological nitrogen and
phosphorus removal using ORP

and pH

NNs Synthetic wastewater
Laboratory-scale

SBR reactor
[32]

Examination of the establishment of
an online controlling system for

nitrogen and phosphorus removal.

A primary professional
intelligent control filtered
noise by filtration wave
and used NNs, database
and deducing machine to
identify each breakpoint.

Municipal
Wastewater

Laboratory-scale
SBR reactor

[33]

Methodology development for
process monitoring and process

analysis for nitrogen and
phosphorus removal

Use of multi-way principal
component analysis

(MPCA) and clustering
using historical

process data

Domestic strength
Synthetic wastewater

Pilot-scale
SBR reactor

[34]

Validation study to assess the ability
of an algorithm using networks to
detect breakpoints using pH, ORP

and DO sensors

NNs, de-noising was
achieved using a

regularisation algorithm

Municipal
wastewater

Pilot-scale
SBR reactor

[13]

Examination of using a software
sensor for real-time estimation of
nutrient concentration using pH,

ORP and DO sensors

Fuzzy NN analysis Synthetic wastewater
Bench-scale
SBR reactor

[23]

Examination of using a software
sensor for real-time estimation of
nutrient concentration using pH,

ORP and DO sensors

Genetic algorithm-based
neural fuzzy system, using

self-adapting fuzzy
c-means clustering and

genetic algorithms

Synthetic wastewater
Laboratory-scale

SBR reactor
[24]

Examination of an intelligent control
system to achieve advanced

nitrogen removal using DO, pH and
ORP sensors.

Three-layer network
technology with

high-performance PLCs
and fuzzy control for break

point identification

Municipal
wastewater

Pilot-scale SBR
reactor

[35]

Review article on the general use of
artificial NNSAT modelling

biological water and wastewater
treatment processes

Artificial NNs Several types Several types [36]

Examination of the use of a
Gaussian-process (GP) model for the
online optimisation of batch phases

using pH, ORP and DO sensors.

GP regression was used to
smooth the signals and GP
classification was used for

pattern recognition

Not specified
Laboratory-scale

SBR reactor
[37]

Examination of the optimisation of a
fuzzy logic controlled DO SBR

system using pH and OUR trends
for carbon and NH4-N removal

Fuzzy control was used to
switch on and off DO

input, in order to smooth
out pH and OUR profiles.
The breaking point was

identified using
episode representation

Urban wastewater
Pilot-scale

SBR reactor
[38]
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Table 1. Cont.

Objectives Control Methodology Influent Type Study Type References

Advanced RTC Methodologies

Examination of a methodology to
develop a soft sensor monitoring of

an SBR for enhanced biological
phosphorus removal.

Artificial NNs Synthetic wastewater
Laboratory-scale

SBR reactor
[21]

Examination of a soft sensor for the
optimisation of an SBR for biological

nutrient removal
NNs Synthetic wastewater

Laboratory-scale
SBR reactor

[39]

Development of a control strategy to
enhance nitrogen and phosphorus

removal in an SBR reactor using pH,
ORP and OUR

Use of a data acquisition
system with curve fitting

and characteristic
point detection

Municipal
wastewater

Semi industrial
pilot SBR reactor

[40]

Development of a reliable RTC and
supervision tool for DO control

Fuzzy NNs Industrial wastewater
Aerated submerged
biofilm wastewater
treatment process

[41]

Development of a soft computing
method to predict sludge volume

index (SVI) values in a real WWTP

Recurrent self-organising
NN

Municipal WWTP
Model based on

SBR WWTP
[42]

Examination applies a
self-organising cascade neural
network (SCNN) with random
weights to a non-linear system

Cascade NNs Municipal WWTP
Model based on

municipal WWTP
[43]

Proposal using a model-free
learning control (MFLC) system to
control advanced oxidation in the

treatment of industrial wastewaters

Reinforcement learning Phenol wastewater
Laboratory
pilot plant

[44]

Development of a model for
predicting TSS and chemical oxygen

demand removal

Fuzzy inference system
with principal

control analysis

Papermill process
wastewater

Papermill WWTP
with an anaerobic

digester and
submerged biofilm
biological reactor

[45]

Identifying model to predict effluent
nitrogen concentrations and

assessment of controller efficiency in
terms of economic and

environmental performances

Recurrent NNs for model
identification and dynamic
matrix control as predictive
control (PC) algorithm and

Benchmark Simulation
Model 1 to test these

PC configurations

Biological wastewater
Activated sludge

process of a
municipal WWTP

[46]

Development of soft sensor to
predict effluent concentrations such

as COD, TSS and TN content

NN with principal
component analysis

Biological wastewater

Activated sludge
process of
large-scale

municipal WWTP

[30]

RTC using surrogate sensors requires developing relationships between the primary
variable(s) of interest and the surrogate variables being measured. For example, an operator
may wish to employ the following rule for controlling a wastewater treatment plant:
“when y < t, stop processing”, where y is the concentration of the chemical of interest
and t is a threshold for safe discharge. When using surrogate sensors, the task then
reduces to a non-linear modelling problem since “y” is not measured directly. Instead,
a number of variables (xn) are analysed to develop functions, whereby y = f (x1, x2, . . .
xn). Several authors have taken this type of approach (Table 1), focusing particularly on
fuzzy modelling and advanced neural network (NN) approaches, including recurrent
networks [23], cascade networks [43], self-organising network structures [42,43] and fuzzy-
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neural network hybrids [24,41,45]. There has also been work in developing NN-based soft
sensors, using principal component analysis (PCA) to select the optimal number of input
vectors [30,47]. These PCA-based NNs were applied to a large-scale municipal wastewater
plant, where they predicted concentrations of COD, TN and TSS (among others) using
measurements of oxygen and nitrogen concentrations with influent flow rate and alkalinity.
However, to the authors’ knowledge, no work has been reported on using a standard feed-
forward NN for regression. Standard feed-forward NNs often perform well in non-linear
system modelling, so this is an important research gap.

The current study proposes a range of soft sensors, which can be selected according to
weights assigned to criteria that might vary with site-specific requirements. There is an
abundance of labelled data collected in real-world conditions (which reflect the application
of the methodology in practice); hence, there is no need for a self-organising structure.
The appropriate network structure can be investigated by comparing the performance of
alternative structures directly.

Finally, this study takes a different approach to dealing with non-linear time-varying
system dynamics, by using a recurrent or other dynamic network for this aspect. The data
are pre-processed to produce a large selection of input variables, which encode information
about time-varying aspects of the data. This approach makes the choice of input variables
crucial. To address this, this study compares several variable sets (combinations of input
variables)—each of which is assessed using a set of criteria describing key, usable features
for performance optimisation. In contrast to [45] this study employs regularisation for
feature reduction where needed, and leverages manually investigated feature subsets,
rather than using PCA. This study presents a methodology capable of identifying the most
suitable soft sensor, utilising surrogate probes and inferential estimating models, for RTC
of small and decentralised WWTPs. This methodology can cater for the dynamic nature
of small and decentralised WWTPs as well as ensuring key onsite goals which can be
prioritised in soft sensor selection.

1.2. Numerical Modelling Methods

Regression is the task of modelling a real dependent variable y as a function of inde-
pendent variables f (xn), minimising the errors between y and f (xn). A training set, a dataset
of known values for xn and y, is required to develop the model with the goal of accu-
rate out-of-sample prediction, which is typically measured using a hold-out or test set.
A common regression technique is multiple linear regression (MLR), a linear least-squares
approximation of the data. MLR provides equations linking a number of input variables
(xn) to a target variable (y) using Equation (1) [48].

y = w0 + w1x1 + · · ·+ wnxn (1)

where w0 is the intercept, wn is a coefficient (or slope) for xn and n is the number of input
variables. Out-of-sample accuracy can be improved by using regularisation methods which
add a penalty term to the model input variables, shrinking the freedom of the input variable
during learning [48]. A popular regularisation method is the least absolute shrinkage and
selection operator (LASSO) [22,49].

In contrast, NNs are non-linear models with many more degrees of freedom, hence
they can be used to model more complex systems. They do not require a priori knowl-
edge about the systems’ structure. They are trained using various gradient descent algo-
rithms [32,50]. A typical NN structure can have one input layer, one or more hidden layers,
and one output layer, as illustrated in Figure 1 [39]. Each layer has several nodes. Within a
layer, the jth node computes a linear combination of its input variables (x1, x2, x3, . . . ,xn),
coming from the previous layer, with each signal having an associated weight (w1j, w2j, w3j,
. . . , wnj) [51]. A second input to the node is the bias (bj), a constant that governs the node’s
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net input. Weights are multiplied by corresponding inputs to create a weighted input using
Equation (2).

yj = bj +
n

∑
i=1

wij × xi (2)

where i represents the inputs and j represents each node.

Figure 1. Typical NN structure with n inputs, j nodes in the hidden layer, a hyperbolic tangent
sigmoid transfer function, and a single output layer with a linear transfer function.

The node then applies a transfer function to give its output. Several transfer func-
tions are commonly used including logistic sigmoid, hyperbolic tangent sigmoid and
linear functions.

Beginning with the independent variables, values are fed into each successive layer,
with outputs from one layer becoming inputs to the next. At the output layer, a single value
is output, which is the predicted value of y for the current inputs xn. Training proceeds
by adjusting weights and biases using gradient descent algorithms, such as Levenberg–
Marquardt back-propagation [52–56] and Levenberg–Marquardt back-propagation with
Bayesian regularisation [57–60], to minimise error at the output.

The specific goal, in this study, was to create a model to accurately predict current NH4-
N concentration (output) given current and previous ORP and pH values (inputs). This
study investigated two types of regression methods, (i) multiple linear regression (MLR)
(Rlin) and (ii) MLR with LASSO regularisation (Rreg), and two types of NN training algo-
rithms, (i) Levenberg–Marquardt back-propagation (NNlm) and (ii) Levenberg–Marquardt
back-propagation with Bayesian regularisation (NNbr). Results were analysed in two ways,
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(i) prediction of the general NH4-N trend and (ii) performance when predicting a specific
NH4-N concentration—for example a regulatory discharge limit (performance was assessed
in terms of accuracy of prediction, and time and energy savings achieved in the treatment
cycle). Furthermore, a weighting and ranking system was used to determine the overall
best setup that can enable optimal operational, environmental and energy performance.

2. Materials and Methods

The case-study site comprised a sequencing batch reactor (SBR), receiving wastewater
from a residential development. The influent wastewater to the SBR comprised domestic
wastewater that had undergone primary clarification. The SBR comprised a two-chamber
precast concrete tank (a primary settlement chamber and a reaction chamber), with working
volumes of 2.42 m3 (hydraulic retention time (HRT) of 4 days) and 1.56 m3 (HRT of
2.6 days), respectively (Figure 2). Influent raw wastewater fed into the primary tank using
a pump. This pump was operated using a programme that mimicked the typical diurnal
domestic house flow pattern (Table 2) according to the European Standards for evaluation of
domestic wastewater treatment systems (CEN 12566-3 2006) [61]. The system was aerated
mechanically as required.

Figure 2. Schematic of pilot SBR unit.

Table 2. Diurnal flow pattern used to feed the primary chamber of the SBR pilot unit (CEN, 2006).

Time of Day % of Total Volume Volume (Litres) Time of Day % of Total Volume Volume (Litres)

0:00–6:00 0 0 15:00–16:00 0 0

6:00–7:00 10 60 16:00–17:00 0 0

7:00–8:00 10 60 17:00–18:00 0 0

8:00–9:00 10 60 18:00–19:00 20 120

9:00–10:00 5 30 19:00–20:00 20 120

10:00–11:00 5 30 20:00–21:00 5 30

11:00–12:00 5 30 21:00–22:00 5 30

12:00–13:00 0 0 22:00–23:00 5 30

13:00–14:00 0 0 23:00–0:00 0 0

14:00–15:00 0 0

2.1. Cycle Control

A Siemens LOGO! PLC controlled a 464 min cycle comprising the following phases:
2 min fill phase, 400 min aeration phase, 60 min settlement phase and 2 min discharge phase
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(Figure 3). The aerated phase comprised 20 min blocks, each of which had a 5 min period
during which the aeration system was turned on, followed by a 15 min quiescent period.

Figure 3. Illustration of cycle sequence (the on-off aeration pattern is demonstrated using the grey
and white sequence in the aeration period).

A feed pump installed in the reactor chamber (switched on for 5 s, to create a siphon)
moved liquid from the primary settlement chamber into the reaction chamber as required.
Siphoning was terminated when the liquid level in the primary chamber went below
(i) the inlet level of the feed pipe, (ii) the liquid level, or (iii) once the two chambers
had equalised. As only the volume available over the feed pipe was transferred for
treatment, this technique resulted in a dynamic feed volume. Table 3 details the operations
in each phase.

Table 3. Overview of the SBR treatment cycle.

Phase (Step) Operation Description Illustration

Fill (1) Pump: A-On

The pump was switched on for 5 s,
subsequently creating a siphon that

moved liquid from the primary
chamber into the reaction chamber.

Siphoning terminated when the
liquid level in the primary chamber

went below the inlet level of the feed
pipe or the liquid level or once the

two chambers had equalised.

Aerobic—Repeated
for 400 min (2)

(a) Aeration: B-On

The aeration period consisted of
a”repetitive sequence of (a) aeration
on for 5 min and (b) off for 15 min.

(b) Rest
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Table 3. Cont.

Phase (Step) Operation Description Illustration

(3) Settle

A settle time allowed an activated
sludge settle prior to discharge

creating an upper layer of clarified
treated wastewater.

(4) Discharge: C-On

The discharge pump I is used to
remove the clarified treated

wastewater from the upper portion of
the reactor tank.

Symbol Definition Pump On ; Pump Off

Legend A—transfer pump, B—mechanical aerator, C—discharge pump

2.2. Monitoring

Influent and effluent wastewater samples were taken from the primary tank and from
a collection vessel placed on the discharge line of the SBR, respectively. Filtered COD and
TSS were tested in accordance with standard methods [62] whereby samples were passed
through 1.2 μm Whatman GF/C microfiber filters. Total nitrogen (TN) was measured
using a Biotector TOC TN TP Analyser (BioTector Analytical Limited, Cork, Ireland).
Filtered NH4-N and NO3-N were measured using a Thermo Clinical Labsystem, Konelab
20 Nutrient Analyser (Fisher Scientific, Waltham, MA, USA). Hach sc1000 multi-meters
monitored data collected from pH, ORP and NH4-N sensors, in the reactor chamber. pH
and ORP were measured at 1 min intervals while NH4-N was measured at 5 min intervals
on a 24 h basis (to match the pH and ORP data, NH4-N data were linearly interpolated to
create a data point every 1 min). All sensors were fitted approximately 500 mm below the
lowest liquid level within the reaction chamber and above any potential sludge blanket
that might be formed during settlement. All instruments were calibrated, maintained and
operated in accordance with manufacturers’ instructions.

2.3. Overview of NH4-N, pH and ORP Profiles

A typical profile for NH4-N saw an increase in concentrations as influent was mixed
with the treated wastewater remaining in the reactor from the previous cycle. NH4-N
concentrations peaked soon after the fill phase. The time and magnitude of this peak varied
depending on influent hydraulic volumes, organic carbon and NH4-N concentrations.
Following this peak, NH4-N concentrations decreased due to organic carbon oxidation
and subsequent nitrification. At approximately 225 min, the rate of decrease in NH4-N
concentrations reduced/levelled off and continued thus for the remainder of the cycle.

A cyclical rise and fall in both pH’ (Figure 4a) and ORP (Figure 4c) profiles during the
aeration phase occurred, as the aerator switched on and off, resulting in a peak (or apex)
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and trough (nadir) in each aeration period in both pH (Figure 4b) and ORP (Figure 4d)
profiles. The increase in pH, corresponding to the aeration-on period, was likely, in this
case, to be due to CO2 stripping [28]. The decreases in pH and ORP profiles during the
15 min quiescent period were likely due to a reduction in microbial activity over the course
of the aerobic phase [63]. pH reduction was greatest and tailed off following the apex
before a subsequent nadir was reached. A similar pattern was observed in the ORP profile.
In general, pH decreases as alkalinity is consumed during the nitrification progresses [25].
The trend in pH decreased in response to aeration-on periods as a result of CO2 stripping
(Figure 4b). ORP generally increased during aeration; on completion of nitrification, ORP
change accelerated; this acceleration was caused by an abundance of DO [64].

Figure 4. (a) pH and NH4-N plotted against time for a sample cycle. (b) Example of a pH profile
within three aeration periods plotted against time for a sample cycle. The black lines indicate
“aeration-on” periods. (c) ORP and NH4-N plotted against time for a sample cycle. (d) Example of
an ORP profile with three aeration periods plotted against time for a sample cycle. The black lines
indicate “aeration-on” periods.

3. Application

The methodology consisted of four main steps, namely, (i) data collection and pre-
processing, (ii) experimental setup, (iii) soft sensor analyses and (iv) weighting and ranking
application (Figure 5).
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Figure 5. Summary of overall procedure.

3.1. Assessed Input Variables

A number of unprocessed (pH and ORP) and processed input variables were con-
structed and added to the set of independent variables (Table 4). The selected processed
input variables were constructed using the profile features identified in Section 2.3. For ex-
ample, the change in pHapex values (pHΔapex) was observed to decrease with NH4-N
reduction and was considered useful in identifying the end of NH4-N removal. The set of
independent variables was then analysed in 22 variable sets encompassing a broad range
of combinations. Each variable set included a unique collection of input variables (Table 5).

Within each 464 min cycle, data collected between 0 and 45 min and 402 and 464 min
were excluded to eliminate the effects of filling and settlement periods (as these phases
were not part of the biological reaction phases of the treatment cycle). Between 0 and
45 min, the effects of the filling stage were still apparent in terms of raw influent mixing
with existing wastewater in the system. The settlement and discharge phase was between
402 and 464 min. Data from 41 treatment cycles (each 464 min in duration) were collected,
12 of which (approximately 30%) were randomly separated for use as a test dataset, and the
remainder were used as a training dataset.

Table 4. pH and ORP processed input variables.

Input Variable Description

pH Raw pH data

pHma20 Moving average of pH over the previous 20 min of data (i.e., 1 aeration block; Section 2.1)

pHcum Cumulative sum of pH data over the duration of the cycle

pHapex pH apex values during each aeration period

pHΔapex Change in sequential pH apex values over a treatment cycle
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Table 4. Cont.

Input Variable Description

pHnadir pH nadir values during each aeration period

pHnadir-apex pH nadir value minus pH apex value for each aeration period

ORP Raw ORP data

ORPma20 Moving average of ORP over the previous 20 min of data

ORPcum Cumulative sum of ORP data over the duration of the cycle

ORPapex ORP apex values during each aeration period

ORPΔapex Change in sequential ORP apex values over a treatment cycle

ORPnadir ORP nadir values during each aeration period

ORPnadir-apex ORP nadir value minus ORP apex value for each aeration period

pHma20XORPma20 pHma20 input variable multiplied by the ORPma20 input variable

Table 5. Input variables to each variable set.

3.2. Models

Two types of inferential estimation models were examined, namely regression and
NNs. Two regression models were assessed, MLR without regularisation (Rlin) and MLR
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with LASSO regularisation (Rreg). Levenberg–Marquardt back-propagation (NNlm) and
Levenberg–Marquardt back-propagation with Bayesian regularisation (NNbr) were the two
NN training models used. Within the NN training models, a hyperbolic tangent sigmoid
hidden layer transfer function and a linear output layer transfer function were used. Each
model contained one hidden layer of X neurons, notated as NNlm[X] and NNbr[X] (X being
the number of input variables in the variable set under investigation). Additional NNlm
and NNbr models were created by adjusting the number of neurons in the hidden layer
to half the number of input variables, i.e., X/2 (NNlm[0.5X] and NNbr[0.5X]) and twice the
number of input variables, i.e., 2X (NNlm[2X] and NNbr[2X]).

The feed-forward neural network architecture we have chosen is suitable for non-linear
system modelling. As the input data are structured, not spatial, we do not need weight-
sharing schemes such as convolution. Since we aim to produce an instantaneous soft sensor
(i.e., its output reflects the current state of the system), we do not need a stateful network
such as a recurrent network. Our choices for (i) transfer function and regularisation, (ii) the
number of hidden nodes tested as a hyperparameter and (iii) values chosen, relative to
the number of input variables (≤15), are long-standing best practice [58,65]. The main
advantages of our design are that it is simple, robust, easy to train, and not demanding to
run even on low-power devices in the field. More sophisticated designs are possible and
could have potential performance advantages but were considered out of scope.

In total, 176 soft sensors (i.e., a model applied to a variable set) were analysed. These
soft sensors consisted of eight models with 22 identified variable sets using 15 input
variables (Table 5, Figure 6). MATLAB was used as the computing environment to apply
each of the models.

Figure 6. Breakdown of methods, models, variable sets, soft sensors and input variables.

3.3. Analyses

The effectiveness of the models was assessed across six criteria, split between two
categories. Category A assessed the accuracy of the general NH4-N trend prediction;
and Category B the accuracy of the predicted trend at a selected NH4-N concentration,
known as the “cut-off threshold value”. This value was set at 2 mg NH4-N/l for the
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purposes of this study; site-specific values can vary due to local regulations. The assessment
criteria are listed in Table 6.

Table 6. Analyses criteria.

Criterion Description Practical Application

Category A

Criterion 1A: R2

Referred to as the coefficient of determination, it is an
indicator of the strength of the relationship between
variables. 0 indicates a poor relationship, while 1
indicates a very close relationship.

Measures the strength of the relationship
between predicted NH4-N trend and
actual NH4-N trend

Criterion 2A: RMSE

Root mean square error (RMSE) is a standard statistical
metric to measure model performance; it measures the
difference between sample and predictor values and is a
good measure of accuracy. The lower the RMSE value
the more accurate the prediction.

Measures the average accuracy of the
predicted NH4-N trend against the actual
NH4-N trend

Category B

Criterion 1B: Percentage
of NH4-N
removal (NH4rem(%))

This criterion returns the percentage NH4-N removal
from the peak NH4-N (NH4 peak) concentration (during
any given cycle) from a model controlled cycleto the
actual NH4-N concentration achieved on-site in a full
(non-controlled) treatment cycle (NH4 final). The higher
the NH4rem value the better the soft sensor.
NH4 rem =

(
NH4 thres−NH4 final
NH4 peak− NH4 final

)
× 100%

where NH4rem is the percentage of potential NH4-N
removal achieved, NH4 thres is the actual NH4-N
concentration where the cycle was terminated by the
selected cut-off threshold (mg NH4-N/l), NH4 final is the
final NH4-N concentration at the end of a full cycle (mg
NH4-N/l) and NH4 peak is the highest NH4-N
concentration. NH4 thres could be related to an
ammonium discharge limit at a given site.

Provides a comparison of the NH4-N
concentration at which the cycle would
have been ended by the model during a
controlled cycle and the actual final
NH4-N concentration at the end of a
non-controlled cycle

Criterion 2B: Percentage
of time saved (Tsave)

This criterion returns the time saved (as a percentage of
a non-controlled cycle) by the soft sensor in question, at
the selected cut-off threshold value, when compared to
the full treatment cycle (and expressed as a percentage).
The higher the Tsave value, the better the soft sensor.
Tsave = (1 − Tthres

Tfixed
)× 100

where Tsave is the time saving (%), Tthres is the time at
which the cycle would be ended by the model in a
controlled scenario and Tfixed is the fixed time cycle
length (min) set in an uncontrolled scenario.

Indicates the time saved with the selected
cut-off threshold value. For example,
the model might be asked to terminate
the treatment cycle when NH4-N
concentrations are predicted to reach a
certain concentration (e.g., a discharge
limit concentration). In general,
the greater the time saved, the better,
as in practice it increases system capacity

Criterion 3B: Number of
successful cycles (SC)

During the application of the soft sensors, it was noticed
that some soft sensors may end a treatment cycle very
early due to the addition and subsequent mixing of
influent at the start of a treatment cycle. This can
influence pH and ORP trends temporarily and cause
cycles to be ended at an early stage (often prior to the
new influent beign completely missed with existing
wastewater in the system). Where a cycle was ended
before NH4 peak occurred, a soft sensor was deemed
unsuccessful for that cycle.

Allows for elimination of soft sensors that
would end cycles too early

Criterion 4B: Absolute
error (Aberror)

This criterion assessed the accuracy of the soft sensor in
meeting a specific threshold concentration for effluent
NH4-N discharges.

Indicates the accuracy of each soft sensor
at the cut-off threshold value
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3.4. Ranking System

A ranking and weighting system was developed to compare the overall impact of
each soft sensor. This was necessary as soft sensors may differ in their impact on the
overall performance and efficiency of the SBR. For example, a soft sensor may achieve
good R2 performance, but also return a poor RMSE result. This example scenario would
produce results in line with the actual NH4-N trend but not necessarily close to the actual
concentration, thus the overall result would not be acceptable. In consultation with WWTP
operators, weights were applied to each of the criteria (Table 7). In general, the overriding
concern in WWTPs is to meet environmental regulation, thus Aberror would be considered
vital. For indicative purposes, the weights outlined in Table 7 were applied to this study.
It should be noted that weightings may vary depending on site-specific requirements
and demands. In addition, these weights can be adjusted to promote site-specific goals.
For example, increasing Tsave would promote the selection of a soft sensor with good
energy saving characteristics, but this may result in poor effluent quality.

Table 7. Applied weights.

Criterion Weight Comments

Aberror 10
Aberror indicates the accuracy of the soft sensor at the selected cut-off threshold value. Important as

facilities must achieve regulatory compliance

RMSE 5 RMSE indicates the accuracy of the soft sensor when estimating the concentration over a cycle

NH4rem 4 Provides an indication of the NH4-N removal performance of the soft sensor

R2 3 Indicates how well the predicted NH4-N trend matches the actual trend

Tsave 2 Indicates the time saving and energy savings of the soft sensor

SC 1 Least important as low SC values indicate more cycles will finish earlier than they should

Soft sensor results were ranked against each other for each criterion, with better results
receiving a higher rank value (ranked values are 1 to n, where n is the number of soft
sensors in question). The ranked value was then multiplied by the corresponding criterion
weight to acquire the weighted value. Weighted values were then added together and
compared to determine the most appropriate soft sensor as follows:

Step 1, determine the best soft sensor (highest weighted value) for each model using
the system described above (Equation (3));

Step 2, determine the best soft sensor (highest weighted value) (and thus the overall
best soft sensor) from Step 1 results using the system described above.

Weighted ValueSo f tsensor =
n=i

∑
n=1

(Rankn × Weightn) (3)

where n = each criterion detailed in Table 7.

3.5. Further Analyses

Although determining the best soft sensor was the main objective of this study, a
number of other studies, using the same criteria and weights, were also executed including
(i) whether MLR and NN regularisation improved results, (ii) a comparison between MLR
and NN methods, (iii) how adjusting the number of neurons in the NN hidden layers
affected results, and (iv) an examination of which variable sets, which variables and which
models were best. It should be noted that the model, variable set, etc., identified for the best
soft sensor may differ from that for the best identified model, variable set, etc. The aim of
this study was not just to identify the best soft sensor (combination of model and variable
set), but also the best overall model and variable set.

4. Results

The overall influent and effluent results for the SBR are summarised in Table 8.
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Table 8. Average influent and effluent results (average daily hydraulic volume = 0.9 m3).

n is number of samples; Inf—influent; Eff—effluent.

4.1. Regression Results

Two regression models were assessed, Rlin and Rreg. Detailed results for each model
are displayed in Tables A1 and A2, respectively. For NH4rem, results varied between 20%
and 97% for Rlin (average value of 66%) and between 75% and 93% for Rreg (average value
of 84%). Average Tsave and aberror results were 51% and 0.98 mg NH4-N/l for Rlin and 51%
and 0.73 mg NH4-N/l Rreg. An overview of these results shows that Rreg was better than
Rlin, as it, on average, achieved better NH4rem and aberror results while maintaining a similar
Tsave result, thus resulting in better and more reliable effluent concentration predictions.

4.2. Neural Network Results

NNs were assessed using two algorithms, namely NNlm and NNbr. Overall results
for NNlm[X] are displayed in Table A3. The average NH4rem result for NNlm[X] was 65%
with corresponding Tsave and aberror results of 60% and 1.52 mg NH4-N/l, respectively.
The application of NNlm[0.5X] (Table A4) returned an average NH4rem result of 72% and
average Tsave and aberror results of 59% and 0.84 mg NH4-N/l, respectively. Average
results for NNlm[2X] (Table A5) were 59%, 65% and 1.52 mg NH4-N/l for NH4rem, Tsave and
aberror, respectively.

NNbr[X] returned average Tsave, aberror and NH4rem results of 60%, 1.35 mg NH4-
N/l and 67%, respectively (Table A6). NNbr[X] was further assessed using NNbr[0.5X] and
NNbr[2X]. NNbr[0.5X] returning average Tsave, aberror and NH4rem results of 60%, 1.03 mg
NH4-N/l and 69%, respectively, while NNbr[2X] results for Tsave, aberror and NH4rem were
64%, 1.33 mg NH4-N/l and 61%, respectively. Overall results for NNbr[0.5X] and NNbr[2X]
are displayed in Tables A7 and A8, respectively.

NNlm[0.5X] was the best soft sensor in terms of NH4rem and aberror results, while
NNlm[2X] had the best Tsave result. It should be noted that these average results are only
indicative of the overall performance of the soft sensor and do not represent the ability of
individual soft sensors at predicting NH4-N trends during the cycle itself.

4.3. Weighting and Ranking Results

To decide the best soft sensor a weighting and ranking system was applied. Table 9
summarises the overall results from this study (full details are available in Table A9).
The first step determined the best variable set (i.e., combination of independent input
variables) for each model and the second step determined the best soft sensor.

Overall, NNbr[2X]U was determined to be the most efficient soft sensor based on the
weighting system. Variable set U used a combination of moving averages with nadir-
apex values for both pH and ORP. This soft sensor achieved an average NH4rem result of
88% over the 12 test cycles with corresponding Tsave and aberror results of 67%, 0.57 mg
NH4-N/l, respectively (Figure 7). This equated to a 51% reduction in electricity costs for
the SB system due to the time savings during the treatment cycle (which in commercial
settings may reduce aeration costs).

80



Sustainability 2022, 14, 4098

Table 9. Step 1 ranking results and Step 2 ranking.

Figure 7. Comparison of modelled and measured NH4-N concentrations for 4 of the 12 test cycles
with the application of NNbr[2X]U soft sensor.

4.4. Comparison between Methodologies Applied

Using the weighting and ranking method and comparing Rlin to Rreg for each variable
set, it was observed that Rlin was marginally better than Rreg (in this comparison Rlin
performed better for 54.5% of the model/variable set combinations). A similar comparison
was carried out comparing individual variable sets for the three sets of hidden layer neuron
models for NNlm (NNlm[X], NNlm[0.5X] and NNlm[2X]) and NNbr (NNbr[X], NNbr[0.5X] and
NNbr[2X]). For both NNlm (77.3% of total number of variable sets) and NNbr (45.5%), 0.5X
was most efficient, while 2X was least efficient (performed best for only 4.5% and 18.2%
model/variable set combinations), for NNlm and NNbr, respectively. Bearing this in mind,
and comparing NNlm against NNbr for 0.5X, the non-regularised model, NNlm (68.2%),
was the better performing NN model. A further comparison was carried out to compare
the leading NN (NNlm[0.5X]) and regression (Rlin) models for individual input variables.
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This showed that Rlin performed better in 54.5% of variable sets. Alternatively, a study of
the final ranked results (Table 9) shows that three of the top four ranked soft sensors use
the NNbr model; therefore, for future applications, it may be possible to use this model
only. This result suggests that regularisation has indeed helped to avoid some over-fitting
suffered by the unregularised NN_lm models. Table 10 compares each variable set for each
soft sensor. The aggregate of variable set rank gives an indication of overall variable set
performance (when compared to other models).

Table 10. Ranking results for each variable set model for each soft sensor.

Soft Sensor Rlin Rreg NNlin[X] NNlin[0.5X] NNlin[2X] NNbr[X] NNbr[0.5X] NNbr[2X]

A 3 1 5 2 6 7 4 8
B 1 3 5 2 8 7 4 6
C 1 2 4 2 8 6 7 5
D 4 3 7 1 5 6 2 8
E 4 2 7 1 4 3 6 8
F 2 4 6 1 5 3 7 8
G 2 3 7 1 4 6 5 8
H 4 5 7 1 2 8 3 6
I 4 2 7 1 3 6 8 5
J 4 1 8 2 6 5 3 7
K 2 3 8 5 1 7 3 5
L 7 2 8 1 3 4 6 5
M 8 6 3 1 2 5 4 7
N 7 4 5 2 6 7 1 3
O 8 2 1 3 7 4 5 6
P 1 3 7 2 3 5 6 8
Q 1 4 5 2 6 3 7 8
R 6 3 5 1 7 2 4 8
S 3 1 6 5 7 4 2 8
T 8 3 6 4 6 1 2 5
U 3 6 2 4 8 5 7 1
V 4 6 5 3 6 8 2 1

Sum 87 692 124 47 113 112 98 64
Rank 3 2 7 1 6 5 4 8

A similar study comparing variable sets (Table A9) identified the top three variable
sets as T (pHnadir-apex and ORPnadir-apex), V (pHma20 and pHnadir-apex) and M (ORPcum
and ORPnadir-apex)—each of these used only two input variables, suggesting that simpler
variable sets can lead to better models. The nadir-apex input variable seems particularly
useful, and more generally the processed input variables were clearly providing added
value to the numerical modelling.

5. Discussion

As detailed in the results, soft sensors selected using NNs and regression models,
in this case the NNbr[2X]U soft sensor, have the potential to generate large operational
savings such as reduced treatment cycle duration and reduced electricity usage, whilst also
meeting discharge requirements. This study was conducted in a small-scale WWTP, using
a suite of pH and ORP variables (i.e., variables identified from both pH and ORP profile
characteristics in the SBR). Several studies have demonstrated that ORP and pH sensors
can act as surrogates for NH4-N sensors [15,25–29,31]; however, the implementation of
these results at small-scale WWTPs is limited, and many of these studies did not look at
pH and ORP sensors in a combined manner.

For the task at hand, the use of the NN training (optimisation) method was quite
standard. The main advantage of the linear regression model was interpretability. The effect
of each variable on the output of the model was easy to understand. Neural network models
are often able to fit data better at the cost of interpretability. However, neural network
models can be interrogated and visualised to give a good understanding of their effect.
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The motivation for using Bayesian regularisation was to help avoid over-fitting. Over-
fitting is the scenario where the model fits the training data well but fails to generalise to
unseen data. Regularisation pushes the model towards a simpler form which may fit the
training data slightly less but is more likely to generalise.

Wastewater pollutant concentration datasets are suitable for application in NNs as
they have a large number of inputs, each of which can vary significantly. In addition, given
the 24/7 nature of wastewater treatment, large datasets can be collected from wastewater
sensors, which can improve NN suitability even further. However, as discussed in Section 3
of this paper, NNs must be carefully designed and trained to ensure that the outputs are
suitable for use in real-time control applications. Given the black box nature of NNs, careful
attention is required when assessing input variables, selecting models and assign rankings.

The methodology proposed in this paper creates an opportunity for WWTPs utilising
SBRs (and indeed any WWTP utilising other batch treatment processes) to select their own
custom soft sensor to optimise on-site treatment processes. In addition, the methodology
can be repeated over time in WWTPs to adapt to any significant on-site changes such
as, substantial changes in influent wastewater constitution due to the connection of new
wastewater sources, etc. However, it can be labour intensive to apply the methodology in a
new site, particularly if it is difficult to source the database of parameters required to train
the model. To assist with this, further research on this topic would include the application
of the best sensor across a larger number of site-based systems, and further adaptation to
enable control of biological nitrogen and phosphorous removal where required. Recent
work investigated the prediction of N and P removal in municipal wastewater using
microalgae modelling response surface methodology, multilayer perceptron artificial neural
network and support vector regression [66]. However, despite this and other recent work
there is a need to focus on robust methods for system control.

RTC using soft sensors offers many benefits from a managerial perspective. Improved
treatment efficacy (in terms of discharge compliance) can be achieved in a more consistent
manner without the need for manual intervention by WWTP operatives, whilst electrical
energy savings can ease the burden in terms of financial management and assist with
meeting targets such as the EU Energy Efficiency Directive (EED). As the equipment
required for this methodology is economical, readily available, and easy to use, highly
skilled operators are not required to apply the technology, the capital and operating costs
are low which enhances sustainability of the technology in smaller WWTPs.

RTC may also be particularly advantageous in WWTPs which are subject to changing
loadings due to seasonal changes in tourism, which can lead to seasonal, weekly or daily
fluctuations, both hydraulically and organically, which can be difficult to manage. The tech-
nology could also be used to extend the duration of treatment cycles to ensure discharge
compliance in the instance where a WWTP may be over-loaded in terms of pollutant load
(dependent on site-specific conditions such as upstream wastewater storage provisions
and other operational considerations allowing for extended cycle times), or reduce the
treatment cycle duration to the minimum time required to meet discharge regulations,
which can allow a WWTP to treat additional hydraulic load, if required.

6. Conclusions and Outlook

This research presents a methodology for enabling real-time control of NH4-N removal
in wastewater treatment systems. The methodology was developed using a case-study SBR
system treating residential wastewater. MLR and NN techniques were used and compared
to develop suitable soft sensors that could enable RTC of wastewater treatment systems.
This study also presented a method for selecting the optimal soft sensor based on the
specific outcomes required at any site.

The estimating models’ studies included linear regression (Rlin) and regularised lin-
ear regression (Rreg) and NN models leveraging Levenberg–Marquardt back-propagation
(NNlm) and Levenberg–Marquardt back-propagation with Bayesian regularisation (NNbr).
The impact of neuron numbers in each NN model was also analysed. It was determined
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that for a typical treatment cycle, the best preforming soft sensor, using the site-specific
criteria at this site (which heavily weighted accuracy in effluent NH4-N concentration
prediction) used Bayesian regularisation and would achieve an average treatment time
saving of 67%, resulting in an average energy saving of 51% of electricity costs. The con-
trolled treatment cycle would achieve 88% NH4-N removal when compared to the fixed
time treatment cycle but, significantly, ensured discharges remained within the threshold
discharge concentration set. These results highlight how the methodology can provide a
level of targeted control, which can significantly improve the sustainability of wastewater
treatment by balancing the needs of safe discharge and efficient energy usage.

The methodology proposed to determine the most efficient soft sensor for any given
site can allow a more targeted approach to enable a site to adapt as on-site considerations
change. The models studied can be implemented on basic programmable logic controllers
typically used for small-scale SBR systems, making the methodology suitable even in
small WWTPs with limited resources. The methodology also has the potential to be
applied to existing SBRs, making it a cost-effective option for process upgrade works in
existing WWTPs.

One limitation of this research is that the methodology is focused specifically on SBRs.
There is additional potential for the procedure to be modified to suit other technologies;
in particular, systems that treat wastewater in batches. Further research on this topic would
include the application of the best sensor across a larger number of site-based systems
and further adaptation to enable control of biological nitrogen and phosphorous removal
where required.
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Table A1. Rlin results.
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Table A1. Cont.

Table A2. Rreg results.
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Table A3. NNlm[X] results.

Table A4. NNlm[0.5X] results.

86



Sustainability 2022, 14, 4098

Table A4. Cont.

Table A5. NNlm[2X] results.

Table A6. NNbr[X] results.
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Table A6. Cont.

Table A7. NNbr[0.5X] results.
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Table A8. NNbr[2X] results.

Table A9. Step 1 ranking results for each model.

Soft
Sensor

Rlin Rreg NNlin[X] NNlin[0.5X] NNlin[2X] NNbr[X] NNbr[0.5X] NNbr[2X] Sum Rank

A 13 16 11 6 7 1 15 3 72 16
B 17 5 6 2 1 3 7 6 47 20
C 16 4 16 5 10 10 4 14 79 15
D 10 11 5 4 8 5 17 5 65 18
E 9 15 13 20 13 14 13 8 105 11
F 15 1 4 14 9 7 2 7 59 19
G 19 21 12 16 20 11 12 13 124 4
H 22 6 8 19 19 2 21 11 108 9
I 5 14 2 10 15 4 1 15 66 17
J 3 8 1 7 4 6 6 1 36 22
K 11 13 6 8 22 17 16 19 112 8
L 6 22 3 18 21 19 5 20 114 6
M 2 10 21 21 18 20 19 16 127 3
N 4 3 15 13 12 8 18 18 91 12
O 1 12 22 9 3 13 10 10 80 14
P 19 20 9 17 16 15 8 9 113 7
Q 12 2 10 1 5 9 3 4 46 21
R 8 17 16 21 2 12 10 2 88 13
S 14 18 14 12 6 16 14 12 106 10
T 7 19 18 11 17 22 20 17 131 1
U 21 9 20 3 14 21 9 22 119 5
V 18 7 19 15 11 18 22 21 131 1
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Abstract: Polyhydroxyalkanoates (PHA) are biodegradable polymers that can be intracellularly produced
by microorganisms valorizing organic-rich wastes. In the present study, a PHA production system was
fed with mussel cooker wastewater after acidogenic fermentation. Besides low pH (4.0 ± 0.3) and high
salt (21.7 ± 2.9 g NaCl/L) concentrations, this wastewater also contained nitrogen concentrations
(0.8 ± 0.1 g N/L), which were previously reported to be a challenge to the PHA accumulating bacteria
enrichment. Bacteria with a PHA storage capacity were selected in an enrichment sequencing batch
reactor (SBR) after 60 days of operation. The enriched mixed microbial culture (MMC) was mainly
formed by microorganisms from phylum Bacteroidetes, and genera Azoarcus, Comamonas and Thauera

from phylum Proteobacteria. The MMC was able to accumulate up to 25 wt% of PHA that was
mainly limited by the wastewater nitrogen content, which promoted biomass growth instead of PHA
accumulation. Indeed, when the presence of nutrient was limited, PHA stored in the accumulation
reactor increased to up to 40.9 wt%. This work demonstrated the feasibility of the enrichment of
a MMC with a PHA storage ability valorizing the fish-canning industrial wastewater at low pH,
which is generally difficult to treat in wastewater treatment plants.

Keywords: fish-canning industry; industrial wastewater valorization; low pH; mixed microbial
culture; PHA; value-added products

1. Introduction

Fish and seafood processing industries consume vast volumes of water and, consequently,
generate large amounts of wastewater with high organic matter, nutrients and salt concentrations.
Depending on the processed fish product (tuna, mussels, etc.) and seasonal variations, the generated
waste streams show different compositions [1,2]. In fact, effluents with distinct qualities and flows may
be produced even in the same facility, depending on the processing steps, challenging its adequate
treatment [3,4]. The high loaded wastewaters generated in these facilities often contain chemical
oxygen demand (COD) concentrations up to 42 g COD/L characterized by its high complexity with not
only easily-biodegradable carbohydrates but also relevant protein fractions (15–20% of wet weight),
and lipids (0.1–44 g/L) [2,5].

Different biological treatment technologies have been developed to treat these effluents, focusing on
the achievement of more efficiency, less energy consumption and fewer surface requirements for
implantation [5]. Méndez et al. [6] achieved, in an anaerobic digester, a COD removal efficiency of
80% treating effluents generated in a factory processing different fish products with high salinity
(up to 15 g Cl−/L). Picos–Benítez et al. [7] reported that the biogas yield decreases by 64% when the
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salt concentration increases from 0 to 20 g NaCl/L while treating wastewater from the evisceration
process in the fish processing industry. At fish and seafood canning facilities, the wastewater treatment
plant (WWTP) configuration highly varies depending on the wastewater characteristics and the local
discharge limits. The most common technologies are a dissolved air floatation (DAF) pretreatment to
remove grease and oil followed by a biological treatment that might use anaerobic (in large industries)
or aerobic systems to remove organic matter and, eventually, nitrogen. Indeed, there are fish and
seafood canning facilities that treat their effluents by only applying physical-chemical treatment steps to
remove grease and solids and then, the wastewater is discharged to the municipal WWTP to be polished.
In the last few decades, in the frame of the circular economy concept, other added-value products
were proposed as an alternative to biogas to obtain more sustainable materials. For example, fish and
seafood industry wastes (as organic-rich streams) can be valorized to produce volatile fatty acids (VFA)
suitable for use as a chemical platform to obtain other compounds such as biopolymers [8,9].

In search of new materials, polyhydroxyalkanoates (PHA) have appeared as an alternative to
fossil fuel-based plastics due to their similar properties [8,10]. PHA constitute a group of biodegradable
polymers that can be produced by microorganisms as carbon and energy reserves [11]. PHA production
by pure microbial cultures are the most widely employed strategies at industrial scale due to the
high accumulation capacities of single strains. However, these strategies are limited by the specific
substrates and sterile conditions required, which increase the operational costs and, therefore, the final
product price. Thus, mixed microbial cultures (MMC) have appeared as a promising alternative to
pure cultures due to the expected reduction of PHA production costs, which is associated with the low
price of the substrates (wastes) and the fact that sterile conditions are not required. The typical PHA
production system using MMC comprises three stages [12]: (1) acidogenic fermentation of the raw
feedstock to produce a VFA-rich effluent; (2) selection of PHA-accumulating microorganisms in an
enrichment reactor; and, finally, (3) accumulation assays to maximize the PHA production.

Wastewater streams produced in the food processing industry containing high organic content
appear as suitable substrates for PHA production, such as those from sugar factories [13], the brewery
industry [14] and cheese whey from cheese production [15]. Therefore, PHA production using MMC
represents an opportunity to recover organic carbon from wastewater. However, PHA production
from complex waste streams must take into consideration certain characteristics of the wastewater,
which might decrease the storage capacity of the system [8,16]. In the case of the cooked mussel
processing wastewater, the presence of high NaCl concentrations has been traditionally considered as
being inhibitory for aerobic [17] and anaerobic biological processes [18]. Passanha et al. [19] studied the
effect of salts on a pure culture of Cupriavidus necator and obtained the highest PHA production with
the addition of 9 g NaCl/L, which yielded 30% higher PHA than the control without salt. The effect of
saline conditions over non-adapted MMC was evaluated by Palmeiro–Sánchez et al. [20] and observed
that the salt provoked a decrease of the PHA production rate, with a half inhibitory concentration (IC50)
value close to 6 g NaCl/L. pH value is another crucial operational parameter since microbial activities
are critically dependent on the pH homeostasis because most proteins and enzymes have different
optimal pH range values to operate. For example, bacteria can grow at external pH ranges from 5.5
to 9.0, but they generally maintain their cytoplasmic pH in a narrow range of 7.5–7.7 [21]. Therefore,
most of the microorganisms have strategies to maintain a significantly more alkaline cytoplasmic pH
relative to the outside pH value.

The present study evaluates the potential of pre-fermented VFA-rich wastewater, coming
from the cookers of a mussel-processing factory [9], to be used as a substrate to produce PHA.
An enrichment reactor was operated with the ability to use high salt concentrations and a low pH.
Main PHA-accumulating microorganisms selected in the MMC were identified. Furthermore, several
fed-batch assays were carried out to test the maximum storage capacity in PHA of the microbial
community selected.
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2. Materials and Methods

2.1. PHA Production System

The PHA production system comprising two stages was operated. In the first stage, PHA-
accumulating microorganisms were selected in an enrichment sequencing batch reactor (SBR) operated
under the feast-famine regime. Then, the maximum PHA accumulation capacity of the enriched MMC
was promoted in fed-batch assays.

2.1.1. Enrichment Reactor

A double jacket tubular SBR with a working volume of 2 L was operated under non-sterile and
fully aerobic conditions to select a MMC enriched in PHA-accumulating bacteria. Since many microbial
populations naturally produce PHA, activated sludge from a municipal WWTP was used as inoculum
with an initial volatile suspended solids (VSS) concentration of 2.4 g VSS/L. The complete medium
mixture was achieved by using the supply of air (6 L/min), which was introduced through a ceramic
air diffuser located at the bottom of the reactor. The temperature was controlled at 30 ◦C by using a
thermostatic bath (Techne Inc., Burlington, NJ, USA). The dissolved oxygen (DO) concentration was
measured with an oxygen pocket meter provided with a membrane sensor (Hach-Lange, Loveland,
CO, USA). The DO concentration and the pH value in the reactor media were not controlled. The SBR
cycles lasted for 12 h and were divided into 3 phases: feeding (15 min), aerobic reaction (690 min)
and withdrawal (15 min). Cycles were controlled by a programmable logic controller (PLC, Siemens
S7-224 CPU). Continuous aeration (no settling stage) resulted in equal sludge retention times (SRT)
and hydraulic retention times (HRT) of 1 day.

Cooked mussel processing wastewater was fermented at 35 ◦C to produce a VFA-rich stream
(details provided in Fra-Vázquez, Pedrouso, Val del Rio and Mosquera-Corral [9]). Then, after solids
separation by centrifugation, wastewater was fed to the system. The mixture of VFA in this wastewater
was composed of acetic acid (HAc), propionic acid (HPr), butyric acid (HBu) and valeric acid (HVa).
The wastewater (described in Table 1) was five times diluted with tap water to achieve an optimal
organic loading rate of 2.5 g COD/(L·d) to feed the PHA production system. Fluctuations in the
composition of the raw wastewater fed to the previous acidified system resulted in variable acidified
effluents [9]. Hence, the feeding of the enrichment reactor also showed these fluctuations. Moreover,
10 mg/L of allylthiourea (ATU) were added to the feeding to prevent nitrification.

Table 1. Average composition of the acidified mussel cookers wastewater.

Parameter Value

pH 3.99 ± 0.30
sCOD (g/L) 13.01 ± 3.25

VFA (g CODVFA/L) 4.06 ± 1.27
% HAc (as COD) 42.06 ± 7.05
% HPr (as COD) 16.43 ± 9.67
% HBu (as COD) 36.73 ± 11.69
% HVa (as COD) 6.83 ± 3.74

Carbohydrates (g/L) 0.04 ± 0.02
Proteins (g/L) 2.34 ± 0.67

Total Nitrogen (g N/L) 0.82 ± 0.14
Ammonium (g NH4

+-N/L) 0.21 ± 0.06
NaCl (g/L) 21.69 ± 2.92

2.1.2. Accumulation Assays

Biomass samples were collected from the enrichment SBR at the end of the operational cycle to
perform the accumulation assays in a 2-L fed-batch reactor (FB-R). The accumulatio experiments were also
carried out at 30 ◦C, controlled by using a thermostatic bath (Techne Inc., Burlington, NJ, USA). The DO
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concentration was monitored but neither the DO concentration nor the pH value were controlled.
Two types of carbon sources were tested: the acidified cooked mussel processing wastewater without
dilution (Table 1) and a mixture of VFA. The latter was prepared to mimic the composition of the
acidified wastewater in terms of VFA (43:7:42:8, as HAc:HPr:HBu:HVa in Cmmol fraction percentages),
to serve as a basis to evaluate the effects of the complex matrix of the industrial wastewater on the
accumulation experiment. Both substrates were manually added in pulses every time that an increase
in the DO concentration was observed, which coincided with the complete depletion of the carbon
source added in the previous pulse.

2.2. Identification of Microbial Populations

Fresh biomass samples were collected from the enrichment SBR. The fluorescence in situ
hybridisation (FISH) technique was carried to identify the microbial populations. Biomass samples
were fixed with paraformaldehyde 4% (wt/vol) solution according to the procedure described by
Amann et al. [22]. Hybridization was performed at 46 ◦C for 90 min, adjusting the percentages of
formamide to each probe. Bacterial cells were hybridized with several FISH probes.

General FISH probes used were: EUB338mix, for all Bacteria; a mix of CFB562 and CF319ab for
phylum Bacteroidetes; and ALF1b, BET42a and GAM42a probes for classes Alpha-, Beta- and Gamma-,
respectively, from phylum Proteobacteria. More specific probes were: PAE997, PAR1244, Cte, Zra23a,
MZ1 and Azo644 for genera Pseudomonas, Paracoccus, Comamonas, Zoogloea, Thauera and Azoarcus,
respectively. All probes were 5′ labeled by using fluorochromes FITC (Fluorescein-5-isocyanate) or
Cy3 (Carbocyanine 3). DAPI (4, 6-diamidino-2-phenylindole) was used as a universal dye for the
detection of all DNA in the samples. Fluorescence signals were captured using an acquisition system
(Coolsnap, Roper Scientific Photometrics) coupled with an epifluorescence microscope (Axioskop 2,
Zeiss, Obercochen, Germany). The semi-quantitative counting of the bacterial populations, based on
the biovolume fraction, was performed with DAIME software [23].

2.3. Analytical Methods

Total Suspended Solids (TSS) and VSS were analyzed according to Standard Methods for the

Examination of Water and Wastewater [24]. Liquid samples were filtered through a cellulose-ester filter of
0.45μm of pore size (Advantec, Japan) for the quantification of total organic carbon (TOC), total nitrogen
(TN), ammonium (NH4

+), soluble COD (sCOD) [24], ions (e.g., Na+ and Cl−), proteins, carbohydrates
and VFA concentrations. TOC and TN concentrations were determined by catalytic combustion
in a TOC-L CSN analyzer (Shimadzu, Kyoto, Japan). Ammonium was determined following the
methodology described by Bower and Holm–Hansen [25]. Ion chromatography (861 Advanced
Compact IC system, Methrom, Herisau, Switzerland) was used to determine the concentration of Na+

and Cl−, among other ions, to calculate the salt concentration. VFA concentration was determined
by gas chromatography (GC) (Hewlett Packard 5890 A, Palo Alto, CA, USA). Protein content was
measured according to Lowry et al. [26] using bovine serum albumin (BSA, Sigma) as the standard.
Carbohydrate concentration was measured following the methodology described by Loewus [27] and
quantified as glucose (Sigma, St. Louis, MO, USA) equivalents.

For the quantification of the PHA content inside cells, fresh biomass samples were collected,
and formaldehyde was added to stop the microbial activity. Then, samples were immediately
centrifuged, frozen and freeze-dried to obtain a solid phase. The method proposed by Smolders et
al. [28] was applied. The PHA sample content was analyzed by GC (6850 Series II, Agilent
Tehnologies) equipped with the HP-INNOWAX detection column (Agilent, Santa Clara, CA,
USA). PHA quantification was done using a commercial PHA standard (Sigma) containing 88%
of hydroxybutyrate (HB) and 12% of hydroxyvalerate (HV). HB and HV are distinguished by the
different retention times in the obtained chromatograph.
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2.4. Calculations

Detailed calculations can be found in the Supplementary Material. The amount of PHA
accumulated inside the cells was determined, on dry weight basis, as the percentage (wt%) of
the measured volatile solids (VS). The HB:HV ratio was calculated as Cmmol. The active biomass (X)
was obtained by subtracting the mass of the stored compounds from the VSS mass. The elemental
composition of the active biomass was assumed to be CH1.8O0.5N0.2 [29].

The specific VFA consumption rates (qVFA, CmmolVFA/(CmmolX·h)) and PHA production
rates (qPHA, CmmolPHA/(CmmolX·h)) were determined from the maximum slopes of the curves
representing the obtained experimental data, divided by the active biomass. Yields (Y) of biopolymers
(PHA or separate HB and HV) on substrates (CmmolPHA/CmmolVFA) were obtained by dividing the
corresponding production rate (CmmolPHA/h) by the VFA consumption rate (CmmolVFA/h). A similar
procedure is applied for the calculation of the active biomass yield (CmmolX/CmmolVFA). The HB:HV
ratio was calculated as the amount of each homopolymer divided by the total amount of PHA.

The concentration of proteins and carbohydrates as COD was calculated using the following
factors: 1.5 g CODprotein/g protein and 1.1 g CODcarbohydrate/g carbohydrate [30]. The nitrogen content
in proteins was assumed to be 15% of the weight.

3. Results and Discussion

3.1. Selection of PHA-Accumulating Microorganisms

3.1.1. Enrichment of the Mixed Microbial Culture

The enrichment SBR was operated for 180 days to obtain a MMC with PHA-accumulating
capacity treating cooked mussel processing wastewater. This substrate showed a complex composition,
which mainly consisted of proteins, carbohydrates and salt. The C/N of the feeding during the operation
presented an average value of 6.5 ± 0.9.

The performance of the enrichment SBR was monitored by the feast phase length (Figure 1),
which was measured by the change in the DO concentration profile. The feast phase corresponds to
the period with low DO concentrations and the famine phase to the opposite situation. The shorter the
feast length, the more enriched the system was. In the present study, whereas the DO concentration
profile randomly varied during the first cycles, after one week of operation a clear feast-famine profile
was observed, with feast length values of approximately 6 h (approximately 50% of the cycle length).
Then, from day 60 of operation onwards, the feast phase length remained on average at a value
of 2.9 ± 0.4 h, which was of 22% of the cycle length on day 180. Dionisi et al. [31] found that the
selection of microorganisms with storage response takes place when the feast phase length is lower
than approximately 20% of the overall length of the cycle. The increase of the degree of enrichment
of the PHA-accumulating culture coincided with the rise of its storage capacity. The average PHA
accumulation was of 4.5 ± 2.2 wt% during the first weeks and increased up to 12.8 ± 0.8 wt% from day
60 of operation onwards (Figure 1).

The obtained results indicated that the enrichment of the system was accomplished after two months
of operation. However, the complex composition of the wastewater used as a substrate could prevent the
further decrease of the feast length and the achievement of higher PHA accumulation values. Furthermore,
the presence of different carbon sources (not only VFA but also proteins were present) probably allowed
both accumulating and non-accumulating bacterial groups to coexist in the mixed culture.

The main bacterial populations present in the enrichment SBR were identified by the FISH technique.
The activated sludge used as inoculum was characterized by the presence of a wide range of microbial
populations but in a low relative abundance. However, once the MMC was enriched, the diversity
decreased and the dominance of a few groups increased. The PHA-accumulating mixed culture was
composed of two phyla: Bacteroidetes and Proteobacteria. Members of this latter were identified mainly
as class Betaproteobacteria and in a low abundance as class Gammaproteobacteria. Microorganisms from
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genera Azoarcus and Thauera were observed as the most abundant ones (Figure 2a,b), followed by genera
Comamonas, all of them from class Betaproteobacteria (Figure 2c). The presence of these microbial populations
is ubiquitous in PHA-producing systems from wastewater and residual streams. Carvalho et al. [32],
for example, observed that the PHA-producing community fed with fermented molasses was dominated
by a combination of genera Azoarcus, Thauera and Paraccocus. Microorganisms affiliated to phylum
Bacteroidetes were also identified (Figure 2d), which have been demonstrated to be able to store PHA using
mixed cultures fed with different substrates [33].

The complex composition of the substrate contributed to select microbial populations that adapted
to unfavorable operational parameters. Salt concentrations present in the acidified cooked mussel
processing wastewater may select certain microorganisms that, despite being non-halophilic with
optimal growth in less than 11 g NaCl/L, are able to tolerate high NaCl concentrations and are defined
as halotolerant [34]. For example, bacteria belonging to phylum Bacteroidetes and Proteobacteria were
found to be the dominant groups in an acetate-enriched MMC of a PHA production system using
estuarine sediments as inoculum [35]. Certain members from class Gammaproteobacteria such as genera
Pseudomonas and Halomonas, have been identified as halotolerant but also PHA-storing bacteria [34].
Therefore, the selection of members from phylum Bacteroidetes and class Gammaproteobacteria in the
mixed culture operated with acidified cooked mussel processing wastewater correlated with the
operational conditions in terms of high salt concentrations in the enrichment SBR.

Figure 1. Evolution of the feast length during the operation of the enrichment sequencing batch reactor
(SBR) (-) and maximum Polyhydroxyalkanoates (PHA) percentage accumulated at the end of the feast
phase (•). The discontinuous vertical line indicates the beginning of the enrichment of the mixed culture.

Figure 2. Cont.
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Figure 2. FISH images of the mixed microbial culture (MMC) enriched with acidified cooked mussel
processing wastewater. (a) Azoarcus (Cy3-red) and Bacteria (FITC-green). (b) Thauera (Cy3-red) and
Bacteria (FITC-green). (c) Comamonas (Cy3-red) and all DNA (DAPI-blue). (d) Bacteroidetes (Cy3-red)
and all DNA (DAPI-blue). In A and B, the orange color indicates both Cy3 and FITC-labeled probes
hybridized; In (c,d), the pink color indicates both Cy3 and DAPI-labeled probes that are hybridized.
The bar represents 10 μm.

3.1.2. Characterization of Enrichment Cycles

The mixed culture performance was characterized by monitoring several enrichment cycles
throughout the operation of the SBR. Data from a representative operational cycle on day 66 once
the steady-state conditions were achieved showed the correlation between the end of the feast phase,
after approximately 2.8 h of the cycle, and the complete depletion of the VFA and the maximum PHA
production (as the sum of HB and HV) of 12.3 wt% (Figure 3a). The composition of the produced PHA
was 90:10 as the HB and HV ratio. Even after the complete depletion of the VFA, the soluble COD was still
present in the liquid media and was mainly associated with the incomplete degradation of the proteins
(Figure 3b). This enrichment cycle was carried out at a concentration of approximately 5 g/L of NaCl.

The observed yields of PHA over VFA during the feast phase on day 66 of operation were
0.21 CmmolHB/CmmolVFA and 0.03 CmmolHV/CmmolVFA. The observed values were in the range
of those obtained by other authors working with PHA production systems from complex substrates.
Oliveira et al. [15] obtained a maximum PHA accumulation of 17% during the enrichment of a MMC fed
with fermented cheese whey, with a production yield of 0.18 CmolPHA/Cmolsubstrate. Tamis et al. [36]
observed a PHA yield value of 0.37 g CODPHA/g CODsubstrate using fermented wastewater from a
candy bar factory, whereas Korkakaki et al. [37] employed raw leachate from the process of hydrolysis
of the organic fraction of municipal solid waste and estimated a yield of 0.3 g CODPHA/g CODVFA.

Approximately 60% of the TN was consumed during the enrichment cycle, which was initially
composed by ammonium (40%) and proteins (60%) (Figure 3b). Since ATU was added to inhibit
the nitrifying activity, nitrogen was only consumed during the enrichment cycle for biomass growth.
During the feast phase, the increase of the active biomass and the decrease of the TN concentration
indicated that VFA were used as a carbon source both for growth and PHA storage (Figure 3). Then,
during the famine phase, the ammonium concentration increased due to the degradation of proteins.
Part of that ammonium, generated by the protein hydrolysis, was consumed for the microrganisms
growth, as shown by the TN consumption during this phase. Approximately 40% of the TN remained
in the effluent, which corresponded to 30 mg N/L of protein. Biomass concentration at the end of the
cycle doubled the initial value.

Finally, the evolution of the feast/famine regime also correlated with the pH profile (Figure 3a). As no
pH control was used in the enrichment SBR, the pH sharply dropped from 7.9 to 4.6 at the beginning of the
enrichment cycle, after the addition of the acidified wastewater as a substrate. The reactor operated under
acidic conditions during the feast phase, but the pH value increased along with the VFA consumption up
to 8. Then, the pH remained in this value during the famine phase until the end of the cycle. These results
indicated the successful enrichment, in PHA-accumulating bacteria, of a MMC operated under acidifying
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conditions during the feast phase. Few authors have previously reported on studies of PHA enrichment
systems that operated at different pH values in the neutral or basic range: 7 and 8 [38], 7.5, 8.5 and
9.5 [39], between 8 and 9 [40]. Moreover, Montiel–Jarillo, et al. [41] studied the MMC enrichment at a
controlled pH of 7.5 or with uncontrolled pH that was established at 9 using pure acetate as carbon source.
These authors found slightly higher PHA accumulation when pH was not controlled. There is no previous
information on the enrichment of a PHA-storing mixed culture developed under acidic conditions, as in
the case of the present study, performed without pH control.

Figure 3. Characterization of the operational cycle of the enrichment SBR measured on day 66. (a) VFA
(�), DO (-) and NaCl (�) concentrations; HB (•) and HV (�) percentages; and pH value (×). (b) TN (�),
ammonium (�), proteins (�) and active biomass (- - -) concentrations.

3.2. PHA Accumulation Capacity of the Enriched MMC

3.2.1. PHA Accumulation with Acidified Cooked Mussel Processing Wastewater

PHA fed-batch accumulation assays were conducted with biomass harvested from the enrichment
SBR at the end of operational cycles. At this point, the biomass concentration was approximately 1 g
VSS/L. The acidified mussel cookers processing wastewater was fed, as carbon source, and added
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in pulses to prevent substrate inhibition. Considering the link between the DO concentration
and the external carbon source consumption, substrate pulses were added each time the DO
concentration increased. The DO concentration increased indicated that the previously added
VFA were completely depleted.

The maximum PHA content obtained in accumulation assays (day 120) had a 24.95 wt%,
which corresponded to a volumetric productivity of 278.3 mg PHA/(L·h) (Figure 4). The presence
of nitrogen as ammonium and proteins in the acidified wastewater had a negative effect on the
maximum PHA content and promoted the biomass growth instead of the PHA storage during the
batch accumulation assays. Carbon balance calculations showed that only approximately 20% of
carbon contributed to PHA accumulation (YPHA/TOC = 0.24), and that the 50% was used for biomass
growth (YX/TOC = 0.52). Indeed, Oliveira, et al. [42] already reported that it is impossible to obtain a
culture enriched in PHA-accumulating bacteria capable of using proteins as the sole nitrogen source
requiring the presence of ammonium to growth.

Figure 4. Characterization of an accumulation assay on day 120 of operation using the acidified mussel
cookers wastewater as a substrate. Cumulative amount of consumed VFA (�) and TN (�); active biomass
(- - -) and NaCl (�) concentrations; HB (•) and HV (�) accumulated percentages; and pH value (×).
The time of pulse addition is the same as the data points since pulses were supplied just after the
sample collection.

The biomass growth, associated with the addition of nitrogen in each pulse, was clearly observed
in the active biomass concentration profile during the fed-batch accumulation experiment. The solids
concentration at the end of the experiment almost doubled the initial value (Figure 4). Previous
studies have demonstrated that the presence of nutrient and carbon sources in the accumulation assays
promote cell growth instead of the intracellular accumulation of PHA [43]. However, the biomass
production rate was lower during the first 3 h of the experiment, when 25% of the total biomass was
produced, which correlated with the 25% of the nitrogen consumed during the same period. Once the
maximum accumulation was achieved, after 3 h of the experiment, the percentage of PHA decreased
due to cell growth, which leads to a decrease of PHA-accumulation percentage by the formation of
new biomass. The HB:HV average ratio in all the accumulation fed-batch experiments was of 83:17.
Small variations in the composition of the biopolymer were due to changes in the mixture of the VFA
present in the acidified effluent. The highest HB production (HB:HV ratio of 95:5) corresponded to the
lowest concentrations of valeric and propionic acids (precursors of HV synthesis) in the substrate.
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Moreover, the addition of the substrate in different pulses generated the increase of salt
concentration in the reactor throughout the time of the experiment (Figure 4). The initial salt
concentration corresponded to that present in the effluent of the enrichment SBR, which was
approximately 5 g NaCl/L (the wastewater fed was 5 times diluted). However, this value doubled up
to 13.74 g NaCl/L after subsequent addition of substrate pulses (added as acidified wastewater without
dilution). Although the biomass continued growing according to the nitrogen consumption and solids
measurements, the PHA accumulation decreased after 4 h when the salt concentration was above
10 g NaCl/L. Palmeiro–Sánchez et al. [20] evaluated the effects of NaCl over PHA accumulation in a
non-adapted mixed culture. They observed a decrease in the PHA accumulation from 34.6 to 17.4 wt%
when the salt concentration increased from 7 to 13 g NaCl/L, respectively. They also observed the
degradation of the accumulated polymer, probably as a reaction of the microorganisms to overcome
the stress produced by the high salt concentration.

3.2.2. Maximum Accumulation Capacity Evaluated with Mimicked VFA Mixture

As previously discussed, the presence of nitrogen in the acidified effluent used as substrate
limited the maximum PHA accumulated by the enriched MMC and promoted the biomass growth.
For this reason, to determine the maximum accumulating capacity of the culture, an experiment with a
mimicked media was carried out. A mixture of VFA in the same proportion as in the composition of
the acidified cooked mussel processing wastewater was used as a substrate in fed-batch assays and no
nitrogen source was added.

When the industrial wastewater was replaced by the mimicked VFA mixture, maximum PHA
storage of 16.6 wt% was achieved in 6 h, with a yield of 0.30 CmmolPHA/CmmolVFA. However, the pH
of the liquid media after the addition of the VFA-pulse gradually decreased and finally reached a value
of 3 after 8 h of the experiment (Figure 5a). Most bacteria can grow at pH values of 5.5–9.0, and maintain
their cytoplasmatic pH in a narrow range of 7.5–7.7 [21]. Although the MMC was enriched at acidic
conditions, these results indicated that the PHA production was inhibited when the pH dropped below
4, which was the average pH value during the feast phase. The active biomass remained stable at
the beginning of the experiment but later, it increased from 60 to 90 Cmmol/L. This growth correlates
with the decrease of PHA accumulated (after 6 h of experiment) inside the cells. Residual ammonium
coming with the seeding sludge collected at the end of the enrichment cycle (70 mg N/L) was used for
growing. At the end of the cycle, ammonium concentration was 6 mg N/L, while protein concentration
variation was not observed.
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Figure 5. Cont.

Figure 5. Performance of accumulation assays using a mixture of VFA as a substrate. (a) Without pH
adjusted. (b) With the pH adjusted to approximately 7.0. VFA consumed (�), pH value (×), active
biomass (- - -), HB (•) and HV (�) accumulated percentages. The time of pulse addition is the same as
for the data points, since pulses were supplied just after the sample collection.

Since the PHA storage was improved by limiting the nitrogen source but inhibited by the acidic
pH, another experiment was carried out by adding NaOH to the VFA mixture to buffer the influent
mixture at pH 7 (Figure 5b). In this way, the acidification of the medium after the addition of the
carbon pulses was avoided. The pH value only slightly increased due to the CO2 stripping, and the pH
value was maintained at an average value of 9.3 ± 0.2 during the whole experiment. The maximum
accumulation of the total PHA increased up to 40.9 wt% after 10 h and it might potentially be higher,
since a plateau on the VFA consumption rate was not observed. The PHA production yield was of
0.48 CmmolPHA/CmmolVFA, which was higher than in the experiment without the pH control and no
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variations on active biomass concentration were observed. Moreover, the PHA productivity was of
0.2 g PHA/(L·h), three times higher than in the previous experiment. Therefore, the pH control in the
substrate promoted the maintenance of the pH value inside the reactor, and eventually the increase of
the PHA storage. The HB:HV ratio in both experiments was similar to that obtained in the fed-batch
experiments with acidified cooked mussel processing cooker wastewater. Since the mixture of VFA
was prepared in the same proportion as the acidified mussel cookers wastewater, the enriched MMC
showed the same response in terms of the type of PHA produced.

3.3. Global PHA Production System

The performance of the complete PHA production system from cooked mussel processing
wastewater, including acidification (data published in previous work [9]), enrichment and accumulation
units, corresponded to a global yield of 0.09 kg CODPHA/kg CODfed (Figure 6). Approximately 10% of
the soluble COD present in the raw wastewater from the mussel cookers factory is recovered as PHA.
This value was calculated considering the values obtained during the operation of the enrichment
SBR under steady-state conditions and during the accumulations assay with the acidified mussel
cookers wastewater.

Figure 6. Overall efficiency of the PHA production process with the acidified mussel cookers wastewater,
using the conversion of 1 kg of soluble COD from the influent wastewater into PHA as a basis.

This approximately 10% recovery of COD as PHA is much lower than the 34% reported by
Tamis, et al. [44] fed with paper mill wastewater. Nevertheless, the wastewater used in the present
study had higher complexity due to the presence of salt and proteins.

One important factor that should be noted is the absence of pH control in the whole PHA
production system. Even though the enrichment SBR was operated under a low pH during the feast
phase, due to the acidic nature of the acidified mussel cookers processing wastewater, the MMC has
demonstrated to be enriched in PHA-accumulating microorganisms. This is important for further
implementation at large scale since the reduction in the use of chemicals is economically advantageous.
However, operational conditions need to be optimized to reduce the large pH decrease. A possible
alternative is to use alternative alkalinity sources such as mussel shells that are also generated in
the factory.

The effluent generated in the accumulation unit still contained a high nitrogen concentration due
to the presence of ammonium and proteins that were not degraded. For the integration of the PHA
production system into the industry, the produced effluent must cope with the discharge limits in
accordance with the established legislation. Further studies must be developed to include a polishing
treatment of the generated effluent for nitrogen removal. In this way, autotrophic nitrogen removal
processes such as anammox based ones [45] are a preferred option, since no organic matter is needed
and it can be fully converted in the PHA accumulation system.

Another factor that may be further optimized is the substrate conditioning to maximize the
PHA accumulation. Since the wastewater from mussel cookers processing shows a high nitrogen
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concentration, removing nitrogen to a fraction of the acidified wastewater previous to be fed to the
accumulation reactor will be advantageous. Another option will be to mix the acidified stream with
other effluent generated in the same facility, or even with the effluent of the acidification unit if the cited
nitrogen removal process is implemented, in order to obtain an influent stream to the PHA-system
with a higher carbon to nitrogen ratio for fostering the PHA production and increased economic
attractiveness [16].

4. Conclusions

Acidified industrial wastewater from mussel cookers was demonstrated to be a suitable substrate
for PHA production while its pollutant load is reduced. PHA-accumulating microorganisms were
successfully selected in the enrichment SBR under high salinity and acidic conditions (pH 4 during
the feast phase) in only 60 days. Microorganisms from phylum Bacteroidetes, and genera Azoarcus,
Comamonas and Thauera from phylum Proteobacteria were identified in the enriched MMC. The mixed
culture accumulated up to 25 wt% of PHA, with a HB:HV ratio of 83:17, at a salt concentration of 13.7 g
NaCl/L. However, the wastewater nitrogen content promoted biomass growth and limited the PHA
accumulation. Thus, the evaluation of nitrogen removal processes must be considered not only as
polishing step for discharging the wastewater into the environment but before the acidification unit to
maximize the PHA accumulation. The enriched culture showed a higher PHA accumulating capacity
(up to 40.9 wt%) when nutrients were limited in the substrate of the accumulation assay, showing the
relatively high PHA-accumulating microorganisms selection using this complex substrate. Moreover,
when pH value in the accumulation reactor falls below 4, the PHA accumulation is hindered and
accumulation products are consumed.

The final recovery of PHA in the global system (acidification, enrichment and accumulation units)
was approximately 10% of the soluble COD contained in the raw cooked mussel processing wastewater.

Supplementary Materials: The following are available online at http://www.mdpi.com/2071-1050/12/24/10386/s1.
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Abstract: The fishing industry produces vast amounts of saline organic side streams that require
adequate treatment and disposal. The bioconversion of saline resources into value-added prod-
ucts, such as biodegradable polyhydroxyalkanoates (PHAs), has not yet been fully explored. This
study investigated PHA production by mixed microbial cultures under 30 gNaCl/L, the highest
NaCl concentration reported for the acclimatization of a PHA-accumulating mixed microbial cul-
ture (MMC). The operational conditions used during the culture-selection stage resulted in an
enriched PHA-accumulating culture dominated by the Rhodobacteraceae family (95.2%) and capable
of storing PHAs up to 84.1% wt. (volatile suspended solids (VSS) basis) for the highest organic
loading rate (OLR) applied (120 Cmmol/(L.d)). This culture presented a higher preference for the
consumption of valeric acid (0.23 ± 0.03 CmolHVal/(CmolX.h)), and the 3HV monomer polymer-
ization (0.33 ± 0.04 CmmolHV/(CmmolX.h) was higher as well. As result, a P(3HB-co-3HV)) with
high HV content (63% wt.) was produced in the accumulation tests conducted at higher OLRs and
with 30 gNaCl/L. A global volumetric PHA productivity of 0.77 gPHA/(L.h) and a specific PHA
productivity of 0.21 gPHA/(gX.h) were achieved. These results suggested the significant potential of
the bioconversion of saline resources into value-added products, such as PHAs.

Keywords: saline resources; halotolerant; PHA-accumulating MMC; PHAs accumulation; biopoly-
mer; P(3HB-co-3HV)

1. Introduction

The fish and seafood segment from the agro-food industry is growing globally with
a compound annual growth rate (CAGR) of 4.8% (2021–2026) towards a market value of
EUR 518 billion by 2021 [1]. Although the fishery industry has been associated with high
nutritional and commercial value, it has also generated a large amount of organic side
streams that require adequate treatment and disposal [2,3]. Worldwide, 96.4 million tonnes
of fish were generated in 2021, 90% of which came from marine environments, generating
saline organic side streams that contained NaCl in the range of 3.5–46 gNaCl/L, depending
on the final product [4]. Companies have therefore been required to conduct expensive
treatments of those saline streams before they can be safely disposed, as the conventional
biological treatments for organic compound removal are less efficient due to their strong
salt inhibition [5,6]. The ability to use these saline organic side streams as feedstock for
biologic processes would be economically favourable for these industries by reducing
treatment costs while also reducing the environmental burden caused by the commonly
used chemicals during treatment [7]. Moreover, the conversion of these resources into
value-added products, such as polyhydroxyalkanoates (PHAs), would also decrease the
costs of treatment and contribute towards a circular economy.
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PHAs are biodegradable polymers produced by certain microorganisms as intracellu-
lar carbon and energy reserves in nutrient-limited environments, and the production of
this polymer is of growing interest in today’s society as they are feasible substitutes of con-
ventional plastics, due to similar physicochemical properties and a wide range of potential
applications [8]. The uses of PHAs are therefore increasing, with a CAGR of 14.2%, and it is
estimated that this sector will reach a global market value of EUR 107 million by 2025 [9].
Nonetheless, the production costs of PHAs are still limiting wider commercialization and
industrialization [8] of this bioplastic as the production costs are estimated to be four times
higher (EUR 4–5/kg) than conventional plastics.

The use of mixed microbial cultures (MMCs) is a strategy to reduce costs of production
as: (i) aseptic conditions are not required, (ii) it allows the use of inexpensive/cheap raw
materials such as saline waste streams [10], and (iii) the MMCs are more amenable to deal
with complex matrices due to the diversity of microorganisms and pathways.

A typical PHA production process by MMCs comprises three stages [8]: (i) acidogenic
fermentation of the organic resources for the production of volatile fatty acids (VFAs),
which are precursors for PHA biosynthesis; (ii) culture selection, where the inoculum is
enriched in PHA-accumulating MMC by applying selective pressure (e.g., feast and famine
(F/f) regime); and (iii) PHA production, where the selected PHA-accumulating MMC from
the second stage are fed with VFA-rich streams produced in the first stage to promote PHA
accumulation of up to the culture’s maximum capacity.

The selection stage is considered the core of the process [11], as the obtained PHA-
accumulating MMC will determine the efficiency of the production process, namely in
terms of PHA storage capacity and PHA productivity [8]. This stage focuses not only in
obtaining an MMC enriched with PHA-accumulating organisms, capable of producing
high amounts of PHAs, but also in the ability to sustain a high growth of the enriched MMC
for the PHA production stage, in order to increase the volumetric productivity of the global
PHA production process [8]. However, a low volumetric productivity is normally obtained
due to low biomass concentrations reached in the selection reactor [10]. This is related to the
fundamentals of the generally adopted F/f selection strategy, where the culture is subjected
to periods of carbon substrate excess (feast phase) followed by periods of carbon starvation
(famine phase), so that the organisms that do not store PHAs are not able to grow during
the famine period and are eliminated from the reactor [10]. Nutrient supplementation is an
important factor for the success of the selection reactor, as some feedstocks, although rich in
carbon compounds, are frequently poor in nutrients or have reduced nutrient availability,
namely in nitrogen that is required to support culture growth. The uncoupled feedings of
carbon and nitrogen, where the latter is added after the exogenous carbon is exhausted,
have shown to lead to a better selection performance with lower F/f ratios, higher PHA
concentrations, and reduced culture instability [10,12].

The ability to use saline resources for PHA production could also promote the eco-
nomic viability of PHA production. Moreover, the use of saline organic streams could
open the possibility of using seawater (≈3.5% NaCl w/v) as a washing and diluting agent
in the PHA production process. Previous works, using cheese whey as feedstock for the
production of biodegradable food packaging with PHAs, have shown that the production
of PHAs has been associated with excess freshwater usage [13]. This represents not only a
significant consumption of freshwater, as the rapid decrease in freshwater availability is
a major concern worldwide, but also brings surplus operation costs to the process. It has
also been suggested that PHA production at high salinity concentrations can facilitate the
recovery of produced PHAs from halotolerant microorganisms, as the cells can be lysed in
distilled water, reducing purification costs by avoiding the utilization of commonly used
organic solvents for PHA extraction [14]. Therefore, the proposed measures, besides being
eco-friendly, can be economically advantageous for industries located at costal sites.

Overall, the use of MMCs for the production of PHAs at high saline concentrations
has potential benefits; however, PHA production using MMCs in the presence of saline
conditions has not yet been fully established.
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Xiao et al. provided a comprehensive review of different strategies for the anaerobic
treatment of saline wastewaters [15]. Among these studies, the bacterial consortia collected
from saline environments (e.g., marine sediments) have been highlighted as promising
in anaerobic processes for the treatment of saline wastewaters. Moreover, the successful
conversion of saline substrates into VFAs at NaCl concentrations up to 70 g/L was recently
indicated. He et al. tested the acidogenic fermentation of a mixture of food waste that
was artificially salted in a NaCl concentration up to 70 g/L. The highest VFA production
was obtained at 10 gNaCl/L (0.54 gVFA/gFeedstock) but was still high at the highest salt
concentration applied (0.44 gVFA/gFeedstock) [16]. In another study, a mixture of food waste,
brine, and wastewater derived from a biodiesel production facility was used to produce
VFAs. The acidogenic fermentation of this salted feedstock (12–18 gNaCl/L) was feasible
with an acidification degree up to 46% [17]. Fra-Vasquez et al. evaluated the conversion of
wastewater from a cooked mussel processing factory (22 gNaCl/L and pH 4.6) into VFAs.
In this study, an extensive carbohydrate degradation of 96% and a maximum acidification
degree of 43% were obtained [18].

With respect to the selection of PHA-accumulating mixed cultures in saline conditions,
only a few studies can be found with salinities up to 20 gNaCl/L. Palmeiro-Sánchez et al.
tested a PHA-accumulating MMC enriched using fermented tuna-processing wastewater
in accumulation assays in the absence of NaCl and in the presence of 21.6 gNaCl/L. Not
only the PHA content decreased abruptly from 51.3% in the non-saline environment to 8.4%
in the presence of NaCl, but also the HB–HV ratio changed, from 62:38 to 72:28 (% wt.) [19].
Conversely, in the work by Wen et al., the positive influence of NaCl on PHA storage in
a culture-enriched reactor was reported [20]. Wen et al. studied the effects of NaCl at
0, 5.0, 10.0, and 15.0 gNaCl/L on the enrichment of PHA-accumulating MMC using food
waste. A maximum PHA content of 14.3% wt. was obtained under the condition at 15
gNaCl/L, indicating the positive influence of NaCl; however, the maximum specific PHA
production, biomass growth, and substrate consumption rates were found at 5 gNaCl/L. In
the PHA accumulation assays at the different NaCl concentrations with respective enriched
cultures, the maximum PHA content of 50.5% wt. was also obtained at 5 gNaCl/L and
accumulations with higher NaCl led to lower PHA contents, as a PHA content of 42.6%
wt. was obtained at 15.0 gNaCl/L. Overall, Wen Q. et al. suggested that osmotic stress may
trigger the synthesis of PHA; however, at higher NaCl contents, bacteria consume PHAs
in response to high osmotic stress, leading to a lower maximum PHA content [20]. Alba
Pedrouso A. et al. [21] were also able to obtain an MMC enriched in PHA-accumulating mi-
croorganisms at 5 gNaCl/L using real feedstock obtained from the acidogenic fermentation
of cooked mussel processing wastewater. This culture was able to reach a PHA content of
25% wt. using the same feedstock and with uncontrolled pH; however, when mimicking
the feedstock using a synthetic mixture, the culture was able to reach 40% wt. Using the
same feedstock, Argiz et al. [22] were able to select a more efficient PHA-accumulating
MMC by removing the undesired substances (proteins and carbohydrates) with the ad-
dition of a settling stage and subsequent supernatant discharge after the end of the feast
period of the cycle of an SBR. This culture was able to reach a higher PHA content of 60%
wt. using a synthetic mixture as feedstock. In another work with the same feedstock but
with high salinity levels, Roibás-Rozas et al. [23] were able to slowly adjust (throughout
100 days) the NaCl concentration in the selection reactor up to 20 gNaCl/L, starting from a
previously PHA-accumulating MMC selected at 5 gNaCl/L. This culture was then also used
for accumulation assays where the NaCl concentration was gradually increased throughout
the assays until it reached 28 gNaCl/L, reaching a PHA content of 41% wt.

The main aim of the present study was to assess the feasibility of selecting an efficient
PHA-accumulating MMC under conditions of high salinity (30 gNaCl/L). To date, this
was the highest salinity value reported in the literature for the acclimatization of a PHA-
accumulating MMC. This work was conducted at lab-scale, in a three-stage process for
PHA production by MMC, where two reactors were operated for culture selection and
PHA accumulation.
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2. Materials and Methods

2.1. Culture Selection

A sequence batch reactor (SBR) with a working volume of 2 L was used for culture
selection. The SBR was inoculated with sediments collected from a saline area of Rio Tejo
(Samouco, Portugal) that were passed through a filtration sieve (350 μm).

The SBR was operated under aerobic conditions with a hydraulic retention time (HRT)
of 16 h, a solids retention time (SRT) of 3 days and 8 h cycles. Each cycle period consisted of
5 steps: (i) influent feeding/filling (5 min); (ii) aerated phase (434 min); (iii) purge (5 min);
(iv) settling (30 min); and (v) supernatant withdrawal (6 min).

The reactor was operated in a temperature-controlled room (19–21 ◦C). Mixing was
kept at 100 rpm using a one-blade impeller with a six-blade Rushton turbine, and pH was
controlled at pH 8.4 ± 0.5 through automatic dosing of 0.5 M HCl. Air was supplied through
fine bubble diffusers and the aeration rates (L/L) were adjusted throughout the operation
so that the dissolved oxygen (DO) was not limited in the reactor. DO concentration and pH
were monitored online.

A salted (30 gNaCL/L) synthetic VFA mixture composed of acetic (HAc), propionic
(HPro), butyric (HBut), and valeric (HVal) acids (25%Cmol each) was used as carbon
source. Together with the synthetic mixture, a salted (30 gNaCl/L) mineral solution was
fed to the SBR in order to have the following concentrations of the following components
(mg/L): ATU (10); EDTA-2Na (50); MgSO4 (50); CaCl2 (50); FeCl3·6H2O (1.5); H3BO4 (0.15);
CuSO4·5H2O (0.03); KI (0.03); MnCl2·4H2O (0.12); Na2MoO4·2H2O (0.06); ZnSO4·7H2O
(0.12); and CoCl2·6H2O (0.15). The feeding was composed of 100 mL carbon solution plus
900 mL dilution mineral solution.

The SBR followed an aerobic dynamic feeding, namely F/f regime with uncoupling
of the carbon and nitrogen availabilities in order to obtain selection pressure for PHA-
accumulating organisms. A C/N/P (Cmol basis) ratio of 100:7.5:1 was initially applied;
later, this ratio was changed to 100:10:1 and then to an optimal ratio value of 100:5:1. An
ammonia solution was fed to the reactor 1 h after carbon feeding. Phosphorous was given
through addition to the mineral solution. The OLR was initially 60 Cmmol/(L.d) and was
increased to 120 Cmmol/(L.d) as a stable culture enriched in PHA-accumulating organisms
was obtained. The study had a total duration of 145 days.

2.2. PHAs Accumulation

MMC PHA-accumulation performance of the selected culture at two different OLRs
(ACC-60 and ACC-120 for 60 and 120 Cmmol/(L.d), respectively), was assessed in a fed-
batch reactor. A total of 1 L of biomass was collected from the corresponding SBR at the end
of famine phase and used as inoculum. The accumulation reactor had a working volume of
1 L, and the accumulation procedure consisted in a pulse-wise feeding strategy of salted
synthetic mixture (30 gNaCl/L) under nitrogen-limiting conditions and using a food to
microorganism (F/M) ratio of 1.5 times the one found in the SBR. Whenever the maximum
PHA capacity of the selected culture was attained, biological activity was stopped by
quenching to pH 2–3 using sulfuric acid. Assays were carried out with the same controlled
conditions of pH, temperature, aeration, and stirring that were used for culture selection.

2.3. Analytical Procedures

Total solids (TS), volatile solids (VS), total suspended solids (TSS), and volatile sus-
pended solids (VSS) were determined according to standard methods [24].

VFAs were quantified in filtered samples (0.20 μm) using a high-performance liquid
chromatography (HPLC) in a VWR Hitachi Chromaster chromatographer equipped with
a Pump 5160, an auto sampler 5260, a Column Oven 5310, a Diode Array Detector 5430,
a RI Detector 5450, a Biorad 125-0129 30 × 4.6 mm pre-column, and an Aminex HPX-
87H 300 × 7.8 mm column. The following conditions were used: column temperature
60 ◦C, 0.01 M H2SO4 eluent, flow rate 0.6 mL/min, and injection volume 99 μL. The

112



Sustainability 2022, 14, 1346

VFA concentrations were calculated from standard calibration curves (4–1000 mg/L of
each compound).

Ammonia concentrations were determined in filtered samples (0.20 μm) using a seg-
mented continuous flow analyser (Skalar SNA++). PHAs were extracted and hydrolyzed.
The monomers of PHAs were esterified into 3-hydroxyacyl methyl esters to be quantified
by gas chromatography (GC-FID, Brucker) using a method described in Oliveira et al. [11].

Lyophilized biomass was weighted and incubated with 1 mL chloroform and 1 mL
acidic methanol (20% H2SO4) (for methanolysis) through digestion at 100 ◦C for 3.5 h. After
the digestion step, the organic phase (methylated monomers dissolved in chloroform) was
extracted and injected (2 μL) into a gas chromatograph equipped with a flame ionization
detector (Bruker 430-GC) and a BR-SWax column (60 m, 0.53 mm internal diameter, 1 mm
film thickness, Bruker, USA), using helium as carrier gas at 1.0 mL/min. The temperature
regime started at 40 ◦C and increased stepwise to 100 ◦C at a rate of 20 ◦C/min, to 175 ◦C at
a rate of 3 ◦C/min, and to 220 ◦C at a rate of 20 ◦C/min (cleaning step of the column after
each injection). Injector and detector temperatures were 280 ◦C and 230 ◦C, respectively.
Determination of 3-hydroxybutyrate (3HB) and 3-hydroxyvalerate (3HV) concentrations
was made through the use of two calibration curves, one for 3HB and other for 3HV,
using standards (0.1–10 g/L) of a commercial P(3HB-co-3HV) (88%: 12%, Sigma) and
corrected using heptadecane as internal standard (concentration of ≈1 g/L). Intracellular
PHA granules were identified using Nile blue staining as described in Oliveira et al. [11]
and observed with epifluorescence microscope Olympus BX51 equipped with an Olympus
XM10 camera (Cell-F software). Microbial community assessment samples were collected
for microbial community analysis at the beginning of the study (inoculum), from cycles
throughout operation of the reactors and from the accumulation assays.

Biomass samples from sediments collected from a saline area of Rio Tejo (Samouco, Portugal)
(inoculum) and from the culture selected at OLR of 60 and 120 Cmmol/(L.d) were collected
and were phylogenetically characterized on high-throughput sequencing of the 16S V1-3
rRNA gene. DNA extraction, gene sequencing and bioinformatics processing was carried
out by DNASense (Aalborg, Denmark) as described in [25].

2.4. Calculations

The F/f ratio was calculated as the ratio between the period lengths of feast and famine
phases of the SBR cycle. The PHA content in VS (gPHA/gVS) was calculated by multiplying
the PHA content in TS (gPHA/gTS, given by GC analysis) by the VS/TS ratio obtained
for the lyophilized pellets used for GC analysis. The PHA content in VSS (gPHA/gVSS)
was calculated by multiplying the PHA content in VS by the VSS/VS ratio obtained in
the reactor (VSS/VS ≈ 1). The PHA content in the biomass was determined in terms of
percentage of VSS on mass basis (% wt., gPHA/gVSS). VSS were considered to be constituted
of active biomass (X) and PHA. For determining cell growth, the generic chemical formula
for MMC (CH1.8O0.5N0.2S0.02P0.02) [26], with a molecular weight (MW) of 25.30 g/Cmol,
was used. The ΔPHAs was determined as the maximum PHA content (PHAmax,% wt.)
minus the PHA content at the beginning (PHA0,% wt.) of the experiment. Stoichiometric
and kinetic performance parameters were determined for the SBR and PHA accumulation
assays in pseudo-steady-state conditions with the reactors operated at both OLRs.

The specific substrate consumption rates (-qVFA, CmolVFA/(CmolX.h)); specific PHA
storage (qPHA, CmolPHA/(CmolX.h)) and consumption (-qPHA, CmolPHA/(CmolX.h))
rates; and specific growth rates (qX, CmolX/(CmolX.h)) were determined from the linear
regression of the experimental data of the substrates, PHA, and X-specific concentrations
(i.e., instant concentration divided by the biomass concentration), respectively, and plotted
over time. Specific storage yield (YPHA/S, CmolPHA/CmolVFA) was calculated as the ratio
between qPHAs and the -qVFAs.

Growth yields on stored PHAs (YX/PHA, Cmolx/CmolPHA) were calculated as the
ratios between the specific growth rate during the famine phases (qXfamine) and -qPHA.
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In the accumulation assays, the specific rates and yields were calculated, as described
before, for each pulse. In the accumulation tests, the first three pulses’ average values of each
parameter were considered. Volumetric PHA productivity (gPHA/(L.h)) was calculated as
the ratio of cumulative produced PHAs (ΔPHA) in 1 L of working volume per unit of time
(hour). Specific PHA productivity (gPHA/(gX.h)) was calculated as the ratio of cumulative
produced PHAs per X at the beginning of the assay (X0) per unit of time (hour).

Standard errors associated with the determined parameters were estimated using
standard errors propagation formulae.

3. Results and Discussion

3.1. Culture Selection: PHA-Accumulating MMC

The culture selection stage for a PHA-accumulating mixed culture under conditions of
high salinity (30 gNaCl/L) could indicate the potential value of saline resources as well as the
benefit of using seawater as a washing and diluting agent in the PHA production process.

In order to select a halotolerant PHA-accumulating MMC, sediments collected from a
saline area (Samouco, Portugal) were used to inoculate the SBR with halotolerant organisms
and then submitted to an SRT for three days and to an aerobic dynamic feeding, namely the
conventional F/f regime and the decoupled carbon and nitrogen feeding, throughout the
operation. An artificially salted (30 gNacL/L) equimolar (Cmol basis) synthetic mixture was
used as saline-fermented feedstock. The F/f ratio was continuously monitored (Figure 1)
since it is a useful performance indicator of the culture selection process as an F/f below
0.2 h/h has been thought to boost the selection of an efficient PHA-accumulating culture [8].

The culture selection was started with an OLR of 60 Cmmol/(L.d) and a C/N/P ratio
of 100 Cmol:7.5 Nmol:1 Pmol. An F/f ratio below 0.2 h/h was obtained after 14 days
of operation, suggesting that the selective pressure was correctly being applied. How-
ever, the selected culture was unable of complete nitrogen consumption at the initial
(100 Cmol: 7.5 Nmol) or higher (100 Cmol: 10 Nmol) C/N applied. The C/N ratio was
then optimized to 100 Cmol: 5 Nmol (Figure 1), and a stable PHA-accumulating MMC was
attained (F/f < 0.2 h/h). With regards to suspended solids (VSS and TSS), a strong increase
in the TSS over VSS was observed for the first period of acclimatization (Figure 1), resulting
in a VSS/TSS ratio of 29 ± 5% wt. for the culture selected at an OLR of 60 Cmmol/(L.d),
which suggested the intracellular accumulation of inorganic compounds. Several halophile
microorganisms have been reported to accumulate a variety of small molecules, both in-
organic (e.g., Na+, K+, Cl−) and organic (e.g., ectoine, glycine betaine, 3-hydroxybutyric
acid), in the cytoplasm to counteract the external osmotic pressure [27].

The selected culture enriched at OLR 60 Cmmol/(L.d) showed a cycle with a typical
profile for the aerobic dynamic feeding strategy (F/f regime and uncoupled carbon and
nitrogen availabilities) (Figure 2A). As carbon, in the form of VFAs, was added to the
reactor, cells began consuming the VFAs and storing carbon in the form of PHAs. As the
VFAs were completely consumed (end of the feast), PHA production halted, and a small
decrease in PHA concentration in the reactor occurred due to cell metabolic activity. After
1 h of feeding, nitrogen, in the form of ammonia, was added to the reactor, allowing the cell
growth of PHAs. This caused a decrease in PHA content as it was consumed for growth
and other metabolic activity. As nitrogen in the media was depleted, the PHA consumption
rates decreased throughout the remaining cycle. The VSS concentration increased with the
increase in PHA content during the feast period, but as the VFAs were depleted and the
PHAs were consumed for cell maintenance and growth, the VSS concentration decreased.

In order to further increase volumetric PHA productivity, the OLR was doubled to
120 Cmmol/(L.d) whilst maintaining selective pressure for PHA-accumulating organisms
(Figure 1). Subsequently, the concentration of active biomass (X) increased ≈1.7 times
from 1.92 ± 0.04 to 3.26 ± 0.34 g/L (Figure 1) while also increasing the PHA storage
capacity from 35 ± 2% wt. to 49 ± 3% wt., indicating a good culture adaptation to higher
organic load and even leading to better culture performance. The obtained PHA contents
at the end of the feast period were already quite high and comparable with other reported
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accumulation assays [23], which suggested the possibility of skipping the third stage of
the traditional MMC PHA-accumulating process in order to lower operating costs. This
culture showed a cycle profile very similar to that obtained in an OLR of 60 Cmmol/(L.d)
(Figure 2B), whereas the VSS/TSS ratio shifted to 52 ± 0% wt.

Figure 1. Profile of the mixed culture adaptation throughout the operation. A feast and famine
(F/f) below 0.2 h/h is considered to boost the selection of an efficient PHA-accumulating culture.
Gray-filled areas represent different C/N ratios used and the white area is reactor operation at optimal
C/N. The vertical solid line represents the organic loading rate increase. TSS (�); VSS (�); F/f(Δ);
and PHAmax (•).
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Figure 2. Representative SBR cycle conducted at organic loading rate (OLR) 60 Cmmol/(L.d) (A) and
120 Cmmol/(L.d) (B). The vertical solid line limit feast (I) and famine (II) periods. TSS (�); VSS (�);
NH4

+(Δ); PHAs (•); X (o); and VFAs (X).

The culture was then subjected to another OLR increase to 180 Cmmol/(L.d); however,
the system became unstable as the biomass settling characteristics suffered a change,
increasing the sludge volume index up to a point that the used reactor could not support,
and the operation was stopped.

With regards to PHA polymer, a composition of an average HB/HV ratio of 48%:52% wt.
(46%:54%Cmol) was obtained for an OLR of 60 Cmmol/(L.d), whereas a polymer with
higher 3HV content, 35%:65% wt. (33%:67%Cmol), was produced at a higher OLR. Consid-
ering that HV monomers can be produced by a single molecule of valeric acid or by a combi-
nation of acetic and propionic acids in a ratio of 1:1 molecules [28], approximately 46% ± 2%
(≈6.1 CmolHV/13.3 CmolHVprecursors) and 82% ± 2% (≈21.9 CmolHV/26.7 CmolHVprecursors)
of the HV precursors were used towards HV synthesis for OLR 60 and 120 Cmmol/(L.d),

116



Sustainability 2022, 14, 1346

respectively. The recruitment of 3HB as a compatible solute to counteract the high external
osmotic pressure and to be a potent compatible solute with chaperoning activity [27,29]
could be the explanation/promoter for the higher HV polymerization and the obtained
HB:HV ratio.

Overall, the general behaviour of the different OLRs was similar; however, the specific
consumption and production rates found for the tested conditions had noticeable differ-
ences (Table 1). The consumption rates of acetic and propionic acids were similar, 0.08 ± 0.00
vs. 0.10 ± 0.01 CmolHAc/(CmolX.h) and 0.10 ± 0.02 vs. 0.11 ± 0.03 CmolHPro/(CmolX.h),
whereas consumption rates of butyric and valeric acids were higher under conditions with
higher OLR, increasing to 78% from 0.09 ± 0.01 to 0.16 ± 0.03 CmolHBut/(CmolX.h) and
to 77% from 0.13 ± 0.02 to 0.23 ± 0.03 CmolHVal/(CmolX.h) (OLR 60 vs. OLR 120). The
higher consumption-specific rates of these VFAs led to a slight difference in the overall VFA
consumption rates, which increased from 0.40 ± 0.03 CmolVFA/(CmolX.h) at an OLR of
60 Cmmol/(L.d) to 0.60 ± 0.04 CmolVFA/CmolX at an OLR of 120 Cmmol/(L.d). With re-
gards to PHA production, there was a considerable difference in the specific production rate
of the 3HV monomer, being three times higher (0.11± 0.01 and 0.33 ± 0.04 CmolHV/(CmolX.h)),
whereas the 3HB production was slightly higher, 0.09 ± 0.00 and 0.15± 0.02 CmolHB/(CmolX.h),
which could explain the sizeable differences in the composition of the copolymer produced
by the culture. The determined PHA production yield was also considerably higher for the
higher OLR (0.60 ± 0.01 vs. 0.75 ± 0.04 CmolPHA/CmolVFA).

Table 1. Operating conditions applied and performance parameters determined for the culture
selection stage considering the average of two monitored batches carried out at organic loading rate
(OLR) 60 and 120 Cmmol/(L.d).

Parameter (Unit) Average ± Standard Deviation

OLR (CmmolVFA/(L.d)) 60 120

FP profile (HAc/HPro/HBut/HVal,% Cmol basis) 25:25:25:25 25:25:25:25
Feast/famine (h/h) 14.0 ± 0.00 0.13 ± 0.01

X @cycle start (gX/L/CmolX/L) 1.92 ± 0.04/75.8 ± 1.70 3.26 ± 0.34/129 ± 13.6
PHAmax (% wt., VSS basis) 35.1 ± 1.56 49.2 ± 3.13
ΔPHAs ((% wt., VSS basis) 5.70 ± 0.93 9.6 ± 1.76

HB/HV ratio (% wt. basis/Cmol basis) 48:52/46:54 35:65/33:67
-qVFA (CmmolVFA/(C-mmolX.h)) 0.40 ± 0.03 0.60 ± 0.04
-qHAc (CmmolHAc/(CmmolX.h)) 0.08 ± 0.00 0.10 ± 0.01

-qHPro (CmmolHPro/(CmmolX.h)) 0.10 ± 0.02 0.11 ± 0.03
-qHBut (CmmolHBut/(CmmolX.h)) 0.09 ± 0.01 0.16 ± 0.03
-qHVal (CmmolHVal/(CmmolX.h)) 0.13 ± 0.02 0.23 ± 0.03
qPHAs (CmmolPHA/(CmmolX.h)) 0.20 ± 0.01 0.46 ± 0.01

qHB (CmmolHB/(CmmolX.h)) 0.09 ± 0.00 0.12 ± 0.01
qHV (CmmolHV/(CmmolX.h)) 0.11 ± 0.01 0.33 ± 0.04

qXfamine (CmmolX/(CmmolX.h)) 0.06 ± 0.00 0.15 ± 0.02
-qPHAs (CmmolPHA/(CmmolX.h)) 0.10 ± 0.03 0.36 ± 0.01

-qHB (CmmolHB/(CmmolX.h)) 0.08 ± 0.02 0.13 ± 0.02
-qHV (CmmolHV/(CmmolX.h)) 0.09 ± 0.03 0.23 ± 0.03

YPHA/VFA (CmmolPHA/CmmolVFA) 0.60 ± 0.01 0.75 ± 0.04
YX/PHAs (CmmolX/CmmolPHA) 0.70 ± 0.18 0.44 ± 0.03

During the famine phase, the specific consumption of PHAs (-qPHA) and the biomass
growth (qFamine) were higher in the higher OLR, being 0.36 ± 0.01 CmmolPHA/(CmmolX.h)
and 0.15 ± 0.02 CmmolX/(CmmolX.h) vs. 0.10 ± 0.03 CmmoPHA/(CmmolX.h) and
0.06 ± 0.00 CmmolX/(CmmolX.h), respectively, for the culture with an OLR of 60 Cmmol/(L.d).
However, the obtained yields for the biomass growth were 0.70 ± 0.18 CmolX/CmolPHAs
and 0.44 ± 0.03 CmolX/CmolPHAs for the higher OLR condition. In this respect, the recruit-
ment of 3HB, as a player in the osmotic balance, could also explain the differences found in
growth yields.
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Comparing the obtained results with the ones obtained by Oliveira et al., using real
non-saline feedstock and an uncoupled feast and famine strategy, the culture in the present
study had higher qPHAs (0.33 ± 0.04 vs. 0.24 ± 0.0 CmolX/CmolPHA) even though it was in
presence of 30 gNaCl/L [10]. However, the real feedstock used also had in the composition
a small amount of ammonia and proteins that may have contributed to the slightly lower
qPHAs values. The obtained values in the present study were also higher, as compared
to a study by Alba Pedrouso et al., where the culture that had acclimatized at 5 gNaCl/L
reached a qPHA of 0.24 CmmolPHA/(CmmolX.h) [21]. It was also considerably higher, as
compared to the slowly adapted culture to 20 gNaCl/L in the work of Roibás-Rozas et al.,
where the qPHA was only 0.05 CmmolPHA/(CmmolX.h) [23]. The use of an inoculum
obtained from a saline environment, a strategy that other studies have not followed, may
have played a major role in the swiftness and favourable outcome of the enrichment reactor
as the microorganisms were already adapted to their natural saline environments and were,
therefore, able to outperform cultures that had not been naturally adapted.

The differences found between the PHA storage capacity, the specific rates of the two
applied OLRs, as well as the shift of the HB/HV ratio of the produced polymer suggested
a slight culture change in the OLR of 120 Cmmol/(L.d). In this respect, culture samples
were taken for the identification of the selected microorganisms just before the change
of the OLR and at the end of the operation. The 16S rRNA gene sequencing revealed
the presence of a diverse, mixed microbial community in the sediments collected from
the saline area of Rio Tejo and that the applied selective pressure for PHA-accumulating
organisms had led to a shift in the mixed microbial profile (Supplementary Material, Figure
S1). The culture selected at an OLR of 60 Cmmol/(L.d) was enriched on a microorganism
from the Alphaproteobacteria phylum, dominated by a species from Rhodobacteraceae
(74.5%) as well as a few species from the Phyllobacteriaceae (13.3%) family, whereas at the
highest OLR operation (120 Cmmol/(L.d)), the Rhodobacteraceae family dominated even
more, representing 95.2% of the selected culture. Rhodobacteraceae are aquatic bacteria
that have a vast global distribution [30] and frequently thrive in marine environments,
which was in accordance with the origin of the used inoculum and the saline applied
conditions. Rhodobacteraceae family members are known to have PhaC class I PHAs
synthase, producing short-chain length PHAs based on VFA precursors availability [31,32].
It has also been reported that the synthesis of both P3HB and P(3HB-co-3HV) polymers
were from unrelated carbon sources [33].

Overall, an efficient and stable halotolerant PHA-accumulating culture was success-
fully selected under high salinity conditions (30 gNaCl/L), and to the best of our knowledge,
this may be the first report of culture selection for PHA-accumulating MMCs at such a high
salt concentration.

3.2. PHAs Accumulation Assays

After the cycles were characterized, half of the biomass of the selection reactor at the
end of the famine phase was harvested for an accumulation assay in a fed-batch reactor
using a pulse-wise feeding strategy (Figure 3). Pulses of the VFA mixture without ammonia
and with a food to microorganism ratio (Cmol/gVSS) of 1.5 times the one found in the
selection reactor were given to the culture as the DO concentration started to increase,
so that the culture was consistently consuming VFAs and accumulating PHAs. For both
accumulation assays, the biomass concentrations were considered constant as no nitrogen
was fed to the system, and the specific rates of the three initial pulses were aligned with the
presented averages. The obtained results are presented in Table 2.

The accumulation reactor that operated at an OLR of 60 Cmmol/(L.d) (ACC-60,
Figure 3A) was fed with 4 pulses, reaching a maximum PHA content of 55.3% wt. with a
polymer composition of 49%: 51% (% wt./wt., HB/HV) was similar to the one found in the
preceding monitored cycles.
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Figure 3. Profile of fed-batch accumulations conducted with the cultures selected at OLRs of
60 Cmmol/(L.d) (A) and 120 Cmmol/(L.d) (B). Pulses limited by the vertical solid lines and num-
bered between I and IV for ACC-60 and I and VI for ACC-120. TSS (�); VSS (�); PHAs (•); X (o);
and VFAs (Δ).

The accumulation with the culture selected at an OLR 120 Cmmol/(L.d) (ACC-120) had
a slightly different behavior and provided carbon pulses closer to the main PHA precursors
depletion (valeric and butyric acids) and, therefore, completed a 6-pulse accumulation
assay in less time than the 4 pulses of ACC-60. The higher consumption rates of valeric and
butyric acids obtained for the culture selected at an OLR 120 Cmmol/(L.d) (Table 1) allowed
us to identify their real-time depletion based on the DO profile (Supplementary Material,
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Figure S2). However, due to the feeding strategy applied, acetic and propionic acids
were accumulated throughout the assay at approximately 95% of the total remnant VFA
concentration (53 Cmmol/L) in the effluent when the assay was stopped. The accumulation
at an OLR of 120 Cmmol/(L.d) (ACC-60, Figure 3B) was able to reach a PHA content of
84.1% wt.

Table 2. Operating conditions applied and performance parameters determined for the PHA-
accumulation stage considering one monitored batch carried out with the culture selected at OLRs
of 60 and 120 Cmmol/(L.d). Only the first four pulses were considered for the average values, as
during the fifth pulse, the exogenous carbon was mainly channelled for growth.

Parameter (Unit) Average ± Standard Deviation

OLR (CmmolVFA/(L.d)) 60 120

FP profile (HAc/HPro/HBut/HVal,% Cmol basis) 25:25:25:25 25:25:25:25
X @inoculum (gX/L/CmolX/L) 2.73/108 3.72/147

PHAs @inoculum (% wt., VSS basis) 22.3 35.4
PHAmax (% wt., VSS basis) 55.3 84.1

HB/HV ratio (% wt. basis/Cmol basis) 49:51/47:53 37:63/35:65
-qVFAb (CmmolVFA/(C-mmolX.h)) 0.41 ± 0.02 0.45 ± 0.04
qPHAb (CmmolPHA/(CmmolX.h)) 0.24 ± 0.01 0.30 ± 0.01

YPHA/VFA (CmmolPHA/CmmolVFA) 0.60 ± 0.05 0.67 ± 0.05
Volumetric PHA productivity (gPHA/(L.h)) 0.30 a (0.32 b) 0.77 a (0.84 b)

Specific PHA productivity(gPHA/(gX.h)) 0.11 a (0.12 b) 0.21 a (0.28 b)
a considering 4 pulses for ACC-60 and 6 pulses for ACC-B. b considering the first 3 pulses of the accumulation test.

The HB/HV polymer composition of ACC-120 was also similar to the one found in the cycle
monitorizations that preceded the accumulation at 37%:63% (% wt./wt., HB/HV) and 35%:65%
(Cmmol basis; HB/HV). As seen in the comparison of the monitorizations at the different OLRs,
the qPHA was higher in the ACC-120 with a value of 0.22 ± 0.03 CmolHV/(CmolX.h) than the
0.16 ± 0.01 CmolHV/(CmolX.h) obtained for ACC-60. The PHAs storage yield was also higher in
ACC-120 with a value of 0.67 ± 0.05 CmolPHA/CmolVFA while 0.60 ± 0.05 CmolPHA/CmolVFA
was the yield found for ACC-60. Overall, a higher volumetric (0.77 gPHA/(L.h)) and spe-
cific productivity (0.21 gPHA/(gX·h)) were obtained in ACC-120, as compared to ACC-60
(0.3 gPHA/(L.h)) and 0.11 mgPHA/(gX.h), respectively). The obtained values, namely in
ACC-120, were considerably higher than the presented results of Roibas-Rozas et al., where
an adapted MMC to a lower NaCl concentration (close to 20 gNaCl/L) was able to reach
a PHA concentration of 41.5% wt. with a specific productivity of 68.1 mgPHA/(gX.h) [23].
These results were, however, obtained by using a real feed, rich in nitrogen, and the salt
concentration was increased throughout the assay, starting from 5 gNaCl/L, and the VFA
mixture used was 43:7:42:8 (Cmol basis) acetic/propionic/butyric/valeric acids [23]. The
obtained values in the present study were also significantly higher, as compared to those
obtained by Oliveira et al. of 33% wt. using the acclimatized culture with an uncoupled
F/f strategy and real feedstock (as previously described). Nevertheless the qPHAs and
specific productivity were slightly higher than those obtained in the present study with
0.41 CmolPHA/(CmolX.h) and 0.25 gPHA/(gX.h), respectively [10].

The high HV content in the copolymer (Table 2) obtained at the highest OLR was
unusually high and surpassed the lowest melting temperature range obtained for P(3HB-
co-3HV) accordingly to the work by Chan et al. [34]. In that study the melting temperature
decreased to 60–70 ◦C for copolymers with an HV content up to 35–44% Cmol and increased
to a range of 80–100 ◦C for higher HV contents. The morphological and physical properties
of the obtained polymer enriched in HV will be determined in future studies, which will
give insights about potential applications of the polymer.
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4. Conclusions

The bioconversion of VFAs into PHAs by MMC under high salinity was shown to be
feasible in our study. An efficient halotolerant PHA-accumulating MMC dominated by
Rhodobacteraceae (93%) was selected at a salinity of 30 gNaCl/L by submitting the culture
to an aerobic dynamic feeding, namely an F/f regime with uncoupled carbon and nitrogen
availabilities throughout the operation. This culture showed good adaptation to high
salinity, likely due to the activation of the metabolic pathways to counteract the osmotic
pressure, namely through the assimilation of inorganic compounds and the recruitment of
3HB as osmolytes.

The culture demonstrated a high PHA storage capacity, reaching 84.1% wt. of P(3HB-
co-3HV) with an HV content of 63% wt. The produced sort-chain-length copolymer
was unusual due to its high HV content. This efficient culture also presented a notable
volumetric productivity of 0.77 gPHA/(L.h) and specific productivity of 0.21 gPHA/(gX.h).

To best of our knowledge, this is the first study of a successful acclimatization of an
efficient PHA-accumulating MMC with near-sea-water salinity. It suggested the potential
for using saline side streams as feedstock for PHA production as well as for using sea water
in the process, which could lower production costs and the environmental burden as well
as promote the integration of this biopolymer in the market.
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120 Cmmol/(L.d).; FigureS2: Representative oxygen profile consumption for a cycle at OLR of
60 Cmmol/(L.d) (dash line) and at OLR of 120 Cmmol/(L.d) (full line).
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Abstract: Water scarcity is becoming a global challenge to attempts to narrow the water demand–
supply gap. To overcome this problem, it is sensible to consider alternative technologies that can
exploit non-conventional water resources. The choice of such technologies should be, however,
carefully analyzed, because any choice might be unfeasible from an economic point of view. In
this work, a methodology to select the most appropriate non-conventional water resource, out of
municipal wastewater and seawater, was proposed. Specifically, we attempted to determine which
alternative provides cheaper water supply and production costs for domestic uses, depending on the
wastewater treatment system used and the water plant capacity. The production of water under three
scenarios was analyzed: (i) a city that has a conventional wastewater treatment plant (WWTP); (ii) a
city that uses primary treatment and submarine outfalls to treat municipal wastewater; (iii) seawater
desalination. The proposed methodology was tested in Chilean cities that are located in areas where
water is a scarce resource. The results showed that the reuse of municipal wastewater represents a
cost-competitive alternative to seawater desalination, mainly when municipal wastewater is treated in
a conventional WWTP and when water flow demand is higher than 1500 m3/d. In contrast, seawater
desalination becomes more profitable than wastewater reuse when the treatment of municipal
wastewater is based on the use of submarine outfalls. This study provides a useful economic tool for
promoting municipal wastewater reuse as a non-conventional water source for supplying water to
cities that suffer from water scarcity in Chile and in similar areas of the world.

Keywords: economic analysis; non-conventional water resources; resource recovery; water; wa-
ter scarcity

1. Introduction

Water scarcity has been recognized as a serious global issue of this century. At present,
around 25% of the world’s population live in areas that experience water stress, and it
is estimated that more than half of the global population will experience severe water
scarcity in the coming years [1]. As the world’s population continues to grow and the
impacts of climate change intensify, water shortages are expected to increase in the near
future, particularly in arid and semi-arid regions [1,2]. In the context of water scarcity, it is
imperative to use water more efficiently. However, this is not enough, and it is necessary
to explore alternative and sustainable technologies to exploit non-conventional water
resources (e.g., seawater, wastewater, rainwater, fog, among others) [3–5].

Among these alternative water supply technologies, membrane-based separation
processes, particularly reverse osmosis, provide an opportunity to deal with water scarcity
in many water-stressed regions around the world [6–9]. At present, seawater reverse
osmosis dominates the desalination market; around 66 million m3/d were produced
worldwide, which accounts for 69% of the total desalinated water [4]. Nevertheless,
regardless of the success of this desalination process, it may be limited by the consumption
of energy related to the filtration process and later water transportation costs [10,11]. In
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this context, it is recognized that reverse osmosis is an energy-intensive process, especially
when desalinating seawater [12–14], but continued improvements, such as energy recovery
or coupling membrane systems with renewable energy sources, have allowed a reduction in
economic costs, thus making it more economically viable [10,15,16]. The typical production
costs of seawater desalination are between 0.45 and 2.5 USD/m3 (excluding the costs of
water transportation) for desalination plant capacities between 60,000 and 1000 m3/d,
respectively, and it is expected that these costs will reduce by around 20% over the next
5 years and by more than half in the next 20 years [16–18].

Furthermore, the produced water must be transported from the production facility
to the water use site (e.g., water purification plant), and it may be expensive to transport
water across long-distances [14]. In fact, when water demand sites are located far away
to the coast and/or at high altitudes, exploiting other conventional or non-conventional
water resources may be more economical than obtaining water from the sea (Table 1) [9,19].
Therefore, water transportation costs can significantly contribute to total water production
costs, affecting the economic viability of the seawater desalination process [11,14,20]. Thus,
the total costs to produce water are one of the most critical factors that influence the
implementation of these kind of projects [21,22], and these costs depend on several factors,
such as plant production capacity, the quality of feedwater, technology, the location of water
plants, energy costs, plant lifetime, among others [9,16,23]. In fact, most previous studies
have reported a wide range of water production costs because they have been developed for
a particular water demand site with a specific plant capacity, water production technology,
and feedwater, and consequently these costs were restricted to the particular conditions in
which they were determined, which can make it difficult to compare among them.

Table 1. Transportation cost of desalinated water for different cities [9].

City, Country Distance (km) Elevation (m) Cost (USD/m3)

México city, México 225 2500 2.44
Sana, Yemen 135 2500 2.38

Beijing, China 135 100 1.13
Crateus, Brazil 240 350 1.33
Phoenix, USA 280 320 1.34
Delhi, India 1050 500 1.90

Zaragoza, Spain 163 500 1.36

Taking into account that about 66% of the global urban population lives in urban
centers bordering the ocean [14,16,24], the potential implementation of seawater desali-
nation plants is therefore especially significant. However, it may not be a viable solution
for water-stressed regions that are located a long distance from the coast or at a high
altitude [9,24]. The reuse of municipal wastewater could be a viable alternative to address
water scarcity for these cases [6,14,25]. In this context, there are already European countries
that reuse treated wastewater for non-potable and potable uses [2]. The conventional
treatment of municipal wastewater is usually based on primary treatment followed by
secondary treatment, which usually involves a biological process to remove organic matter
from wastewater, in order to meet the standards needed for its discharge. In order to
reuse treated municipal wastewater, a tertiary treatment (e.g., membrane-based separation
processes) is needed to remove the remaining pollutants from secondary treated effluent,
such as inorganic and organic compounds, pathogens, or nutrients, in order to meet water
standards [26]. The reuse of municipal wastewater allows for an increase in the water
supply flow rate, but its additional costs, consisting of both the extra treatment needed to
reach the water quality requirement and the transportation of the produced water to the
reuse site, should be considered.

Based on this background, this work proposed a methodology to select the most
appropriate non-conventional water resource between municipal wastewater and seawater.
Specifically, we consider which alternative provides a cheaper water supply for domestic
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uses, particularly in water-stressed regions. The proposed methodology was tested in
Chilean cities that are located in areas where water is a scarce resource. Chile was chosen
as the subject of this research because it is one of the countries most vulnerable to the
impacts of climate change, due mainly to its geographical location. At present, water
scarcity is one of the most significant effects of climate change in several regions of Chile,
particularly in the northern and central regions, and it is expected that their water demand
will increase significantly over the next decades [27]. Several desalination plants have
been implemented to supply water for domestic and/or industrial uses in the north of
the country in recent years [28,29], where water shortages are more severe. However, as
previously mentioned, the economic feasibility of these desalination projects is limited by
the costs associated with water transportation, particularly for cities located in inland areas,
where the industrial sector (e.g., mining) is only able to pay these water costs, causing
important socio-economic conflicts related to water use [30]. Therefore, it is necessary to
explore more economical water supply options for domestic use—for instance, the reuse of
municipal wastewater.

This paper contributes to the current literature by proposing a novel methodology that
helps to select, from an economic point of view, the most appropriate non-conventional
water resource, between municipal wastewater and seawater, to supply water, when
assessing the implementation of water production projects.

2. Materials and Methods

2.1. Proposed Scenarios

Three scenarios to produce water from municipal wastewater and seawater are pro-
posed in this work:

(a) Scenario 1. This scenario is based on a city whose wastewater is treated by a WWTP
with both primary and secondary treatments. In this case, a post-treatment of the
WWTP effluent would be implemented by means of a hybrid ultrafiltration (UF) and
reverse osmosis (RO) system. First, the secondary treated effluent is passed through
the UF membrane to remove particles and colloids and then through RO membrane
to remove the remaining pollutants. It was considered that UF and RO membranes
are periodically cleaned using reagents to maintain a suitable pressure drop. The
recovery ratio was set to 70% in relation to the inlet wastewater volume [31].

(b) Scenario 2. This scenario is based on a coastal city whose wastewater is treated by
a primary treatment and its effluent is sent to sea by means of a submarine outfall.
For this reason, in this proposed scenario, the construction of an activated sludge unit
followed by a hybrid UF-RO system was considered.

(c) Scenario 3. This scenario involves the complete implementation of a seawater desali-
nation plant based on the reverse osmosis process. The recovery ratio of the reverse
osmosis system was set to 50% in relation to the initial volume of the feedwater
(seawater) [14].

2.2. Methodology for Economic Assessment

The proposed methodology to determine the best option to supply water to the water-
demanding city was schematically outlined throughout the following steps. Figure 1
illustrates the methodology proposed in this work.

1. The required water flow rate was calculated. The annual flow of the water demand
(m3/year) of the studied city was estimated based on its population and water
consumption (m3/cap/year).

2. The total water production costs (USD/m3) for the proposed scenarios were estimated.
First, total production costs were calculated based on the total capital costs (CAPEX)
and the operating and maintenance costs (OPEX) (Equation (1)).

Total production cos ts =
(CAPEX + OPEX) (USD/year)

feedwater flow (m3/year)
(1)
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Figure 1. Procedure to select the most appropriate water resource to supply water for domestic
uses (Q is water flow rate (m3/d), ΔDmax is the maximum distance that produced water can be
transported (km), deq_ww and deq_coast are the equivalent distance ((km) from the water source to
water demand site for wastewater reuse scenarios and seawater desalination, respectively).

The total capital costs and the operating and maintenance costs for each scenario are
detailed below:

(a) Scenario 1. The total capital costs included the cost related to the purchase of
equipment (UF and RO units), the required equipment for piping, instrumenta-
tion/electricity, engineering costs and civil works (Table 2). The operating and mainte-
nance costs included energy consumption, reagents consumption, membrane replace-
ment, and maintenance and labor costs (Table 2). The capital costs and operating and
maintenance costs related to the UF-RO system were calculated using cost functions
that were developed based on the data reported by Plumlee et al. (2014) [32].

(b) Scenario 2. The total capital costs included costs related to the construction or purchase
of the equipment (activated sludge system, UF and RO units) and the required
equipment for piping, instrumentation/electricity, engineering costs, and civil works
(Table 2). The costs associated with the operation of the activated sludge system were
energy and reagents consumption, labor, waste management and maintenance. The
total capital costs and operating and maintenance costs for the UF-RO system included
the items described for scenario 1 (Table 2). The total capital costs and operating and
maintenance costs of the activated sludge were calculated based on the data reported
by Guo et al. (2014) [33] and Molinos-Senante et al. (2010) [34], respectively.

(c) Scenario 3. The total capital costs for the desalination plant included 5 cost items,
which were construction and infrastructure costs (main equipment, piping, instru-
mentation/electricity, among others), land acquisition costs, engineering costs, and
development and management costs (Table 2). The operating and maintenance
costs included energy consumption, membrane replacement, maintenance, reagents
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consumption and labor costs (Table 2). Based on the salinity concentration and
average temperature of the coast of Chile, around 35,000 ppm and 17 ◦C, respec-
tively [35], it was assumed that the energy consumption of seawater desalination was
3.5 kWh/m3. The capital costs and operating and maintenance costs were estimated
using cost functions that were developed based on the results reported by Molinos-
Senante and González (2019) [35]. The cost functions and the economic parameters
for the proposed scenarios are given in Table 2. The price of electricity was set at
0.109 USD/kWh [36]. All costs used in this work were normalized to the USD of 2019.

Table 2. Summary of the cost functions for total capital costs (USD) and operating and maintenance
costs (USD/year) for water production (y is cost, x is capacity (m3/d)).

Item Cost Function Reference

Capital costs

1. Municipal wastewater
Reverse osmosis system y = 272.54·x + 4.9835·106

[32]
Ultrafiltration system y = 136.38·x +2.4859·106

Yard piping y = 40.97·x + 7.3826·105

Sitework land scaping y = 20.38·x + 3.7647·105

Site electrical and controls y = 81.86·x + 1.4916·106

Activated sludge system log(y) = 0.256·(log(x))1.556 + 4.545 [33]

2. Seawater
Construction and infrastructure y = 8.996·105·x + 6.20·106

[35]Land acquisition y = 17.995·x + 1.2363·105

Engineering y = 31.53·x + 2.1608·105

Development and management y = 4.5263·x + 3.0165·104

Operating and maintenance costs

1. Municipal wastewater
Labor 0.02 USD/m3

[32]

Reagents UF y = 3.1224·10−2 + x·2.2448·10−5

Membrane replacement UF y = 4.6073·10−3 + x·8.9988·10−6

Energy consumption UF y = −5.4386·10−3 + x·4.0363·10−6

Reagents RO y = 2.2126·10−2 + x·2.2727·10−5

Membrane replacement RO y = 1.1905·10−2 + x·8.8019·10−6

Energy consumption RO y = −3.0484·10−2 + x·4.0087·10−5

Activated sludge system
Energy consumption 0.033 USD/m3

[34]
Reagents 0.025 USD/m3

Labor 0.060 USD/m3

Maintenance 0.038 USD/m3

Waste management 0.029 USD/m3

2. Seawater
Energy consumption y = 1.461·10−3·x + 4.946·106

[35]
Membrane replacement y = 8·10−2·x−1.57·10−1

Reagents y = 4·10−2·x−7.85·10−2

Labor y = 1.496·10−2·x + 1.44·105

Maintenance y = 8.086·10−5·x + 7.883·103

Then, the minimum cost of produced water that makes the net present value (NPV)
zero (Equation (2)) for the proposed scenarios was calculated:

NPV =
T

∑
t=1

(Bt − Ct)·(1 + i)t

(1 + r)t − Total capital cos t (2)
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where: Bt are the benefits due to the water sale, Ct is the sum of the operating and
maintenance costs, i is the inflation rate (3%), r is the interest rate (5%), and T is the payback
time (20 years).

3. The best scenario to produce water was determined. A pairwise comparison in terms
of the total production costs for the proposed scenarios was developed in order to
determine the most profitable scenario. The total production costs for the proposed
scenarios were compared and used to estimate the maximum distance that produced
water can be transported from the water plant production to the water demand
city if the cheaper scenario were selected. This distance (ΔDmax) was expressed
as a function of the total production costs (USD/m3), the transportation costs for
horizontal distance (a, 0.05 USD/m3/km/year) and the lifetime of the facility (t,
20 years) (Equation (3)). The transportation costs, a, was determined as a function of
the piping and pumping costs for the horizontal distance, using the data reported by
Caldera et al. (2018) [11] and ESCWA (2009) [37]. It should be noted that scenarios 1
and 2 have not been compared among them because it is only possible to implement
one of these scenarios for a particular city, and their selection depends on the actual
wastewater treatment system.

ΔDmax =

(
total production cos tsscenario 3 − total production cos tsscenario 1 or 2

a

)
(3)

4. The selection of possible water sources for the studied city was carried out. Once the
suitable scenario was determined, the selection of the potential water sources was
developed based on the flow rate of water that would be supplied and the distance
between the water source and water demand site. It should be noted that water trans-
portation distance is comprised of the horizontal and vertical distances, respectively,
and they have a different impact on the water production cost. Vertical distance has a
larger impact on water transportation costs than horizontal distance [19], and thereby
an equivalent distance from the water source to water demand site for wastewa-
ter reuse scenarios (deq_ww) and seawater desalination (deq_coast) was determined
(Equation (4)):

deq = X·
(

1 +
b
a
·tg

(
Y
X

))
(4)

where: X and Y are the horizontal and vertical distances (km) from the water source
to the water demand site, and a and b are the transportation costs for horizontal and
vertical distances, 0.05 and 1.82 USD/m3/km/year, respectively. The values of a and
b were determined as a function of the piping and pumping costs for the vertical and
horizontal distances, respectively, and were calculated based on the data reported
by Caldera et al. (2018) [11] and ESCWA (2009) [37]. The horizontal and vertical
distances between the water source and water demand site were determined using
Google Earth Pro.

5. Finally, the best option to supply water to the water-demanding city was selected
based on the maximum distance that produced water can be transported from the
water plant production to the water-demanding city (ΔDmax), and the equivalent dis-
tance that water should be transported was obtained for the potential water sources.
Therefore, if ΔDmax > (deq_ww − deq_coast), the reuse of wastewater is more favor-
able than seawater desalination. In contrast, if ΔDmax < (deq_ww − deq_coast), the
desalination of seawater is more economical than wastewater reuse.

2.3. Case Study

Chile is a developing country that experiences great climatic variation throughout the
country, and consequently, it has a highly unequal water distribution, with the northern
regions being mostly arid and semi-arid areas and the south regions being temperate,
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ranging from Mediterranean to marine west coast areas [38]. The northern and central
regions of Chile are economically and socially important due to the development of the
main economic activities, mining and agriculture activities. However, water scarcity has
been an important issue for these regions over the last decade. A sample of 8 Chilean
cities was used to validate the methodology proposed in this work. These cities are located
in the north and central regions of the country (Figure 2), where water scarcity is more
accentuated [39].

Figure 2. Localization of studied cities of Chile.

Two types of municipal wastewater treatment configurations can be differentiated in
the wastewater treatment system of Chile: wastewater treatment plants that use primary
settling followed by a biological treatment (hereafter referred to as conventional WWTP);
and those that use submarine outfalls preceded by preliminary treatment for sanitary
discharge (hereafter referred to as submarine outfalls WWTP). As previously mentioned, it
was assumed that the recovery ratio to produce water from municipal wastewater was set at
70%, and thereby the reuse of municipal wastewater in the same city was not studied in this
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work because the produced water would not be sufficient to meet its water requirements.
Therefore, the production and transportation of produced water to a nearby city which
suffers from water stress was the strategy studied for these Chilean cities.

3. Results and Discussion

3.1. Cost Associated with Water Production

Based on the production plant capacity, the capital costs and operating and main-
tenance (O&M) costs to produce water flow rates between 500 and 100,000 m3/d were
calculated for each proposed scenario (Table 3). As expected, as water production capacity
decreased, capital and operating and maintenance costs increased, regardless of the pro-
posed scenario. Overall, the production of water from municipal wastewater by the use of
the UF-RO system (scenario 1) was found to be less capital-intensive than seawater desali-
nation, for water production capacities higher than 5000 m3/d (Table 3). However, for the
studied range of water production capacities, the capital costs of desalinated seawater were
far lower than the cost to produce water from municipal wastewater by the implementation
of an activated sludge unit followed by a hybrid UF-RO system (scenario 2) (Table 3).

Table 3. Total capital costs (USD/m3/year), operating and maintenance costs (USD/m3), and total production costs
(USD/m3) estimated for the proposed scenarios.

Water Production
Capacity (m3/d)

Scenario 1 Scenario 2 Scenario 3

Capital
Costs

O&M
Costs

Total
Costs

Capital
Costs

O&M
Costs

Total
Costs

Capital
Costs

O&M
Costs

Total
Costs

100,000 0.071 0.264 0.334 0.135 0.450 0.585 0.135 0.452 0.587
90,000 0.072 0.264 0.335 0.136 0.450 0.586 0.136 0.452 0.587
80,000 0.073 0.264 0.337 0.138 0.450 0.588 0.136 0.452 0.588
70,000 0.074 0.264 0.338 0.139 0.450 0.589 0.137 0.452 0.589
60,000 0.076 0.264 0.340 0.141 0.450 0.592 0.138 0.452 0.590
50,000 0.079 0.264 0.343 0.145 0.450 0.595 0.140 0.452 0.591
45,000 0.080 0.264 0.345 0.147 0.450 0.597 0.141 0.452 0.592
40,000 0.083 0.265 0.347 0.149 0.451 0.600 0.142 0.452 0.594
35,000 0.086 0.265 0.350 0.153 0.451 0.603 0.143 0.452 0.595
30,000 0.089 0.265 0.354 0.157 0.451 0.608 0.146 0.452 0.598
25,000 0.095 0.265 0.360 0.163 0.451 0.615 0.149 0.452 0.601
20,000 0.103 0.266 0.369 0.173 0.452 0.624 0.153 0.452 0.605
15,000 0.116 0.267 0.383 0.188 0.453 0.641 0.161 0.453 0.613
10,000 0.143 0.269 0.411 0.218 0.455 0.672 0.176 0.453 0.629
7500 0.169 0.270 0.440 0.247 0.456 0.704 0.191 0.454 0.644
5000 0.223 0.274 0.497 0.305 0.460 0.765 0.221 0.455 0.676
4000 0.263 0.277 0.540 0.348 0.463 0.811 0.243 0.456 0.699
3000 0.330 0.281 0.611 0.420 0.467 0.887 0.281 0.457 0.738
2000 0.463 0.290 0.753 0.561 0.476 1.037 0.356 0.460 0.816
1500 0.597 0.299 0.896 0.673 0.485 1.158 0.431 0.463 0.894
1000 0.864 0.346 1.209 0.978 0.532 1.509 0.581 0.469 1.050
500 1.664 0.457 2.121 1.801 0.643 2.444 1.030 0.487 1.518

Regarding the reuse of municipal wastewater, the capital costs were mainly given
by the UF and RO equipment for scenario 1, regardless of the plant capacity. These
items represented around 25% and 49% of the total capital costs, respectively. The other
items of capital costs (i.e., yard piping, sitework landscaping, site electrical and controls)
represented around 26% of the overall capital costs for this scenario. If they are standardized
considering the water production capacity, values of 0.07 and 1.66 USD/m3 are obtained for
plant capacities of 100,000 and 500 m3/d, respectively (Table 3). Meanwhile, for scenario
2, in which an activated sludge system followed by a hybrid UF-RO system to treat
wastewater was studied, capital costs were distributed mainly among the activated sludge
system (39%), the UF (20%), and the RO (41%) units. For this scenario, the standardized
total capital costs were between 0.14 and 1.80 USD/m3, ranging in size from 100,000 to
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500 m3/d, respectively (Table 3). Finally, for the implementation of seawater desalination
for producing water, the most relevant items in the total capital costs were the construction
and infrastructure costs. For this scenario, the unitary total capital costs ranged between
0.14 and 1.03 USD/m3 for water plant capacities of 100,000 and 500 m3/d, respectively
(Table 3). The capital costs for the proposed scenarios are shown in Tables S1–S3 in the
Supplementary Material.

Regarding operating and maintenance costs, they increased as the water production
capacity decreased, regardless of the proposed scenario (Table 3). For scenario 1, the oper-
ating and maintenance costs ranged from 0.26 to 0.46 USD/m3 for water plant capacities
of 100,000 and 500 m3/d, respectively. The consumption of energy and reagents were
the most expensive items in the operating and maintenance costs, comprising around
34% and 42% of the total operating and maintenance costs, respectively, for this scenario.
Meanwhile, the operating and maintenance costs estimated for scenario 2 were around
1.5 times higher than those of scenario 1. They were 0.45 and 0.64 USD/m3 for water
production capacities of 100,000 and 500 m3/d, respectively (Table 3). The costs related
to the operation of activated sludge contributed around 40% of the overall operating and
maintenance costs, while energy and reagents consumption represented around 25% and
20% of these costs, respectively.

Moreover, the operating and maintenance costs for scenario 3 (seawater desalina-
tion) were similar to those obtained for the implementation of an activated sludge and
UF-RO system to produce water from municipal wastewater. These costs were 0.45 and
0.49 USD/m3 for desalination plant capacities of 100,000 and 500 m3/d, respectively
(Table 3), and the consumption of energy accounted for approximately 68% of the oper-
ating and maintenance costs. The costs associated with the membrane replacement and
reagents consumption were other important items in the operating and maintenance costs,
representing around 18% and 9% of these costs, respectively. Recently, literature has re-
ported that operating and maintenance costs for seawater desalination plants are between
1.21 and 1.12 USD/m3 for plant production capacities ranging from 1000 to 10,000 m3/d,
and they are in the range of 1.04 and 0.30 USD/m3 for desalination plant capacities between
15,000 and 100,000 m3/d [14,35].

Thus, these results indicated that the operating costs to produce water from municipal
wastewater were lower than those estimated for seawater desalination, if the wastewater
treatment system is based on primary settling followed by a biological treatment (sce-
nario 1). The operating and maintenance costs for the proposed scenarios are shown in
Tables S4–S6 in the Supplementary Material.

3.2. Economic Analysis

In order to compare the results obtained for the proposed scenarios, the total produc-
tion costs and the minimum price of the produced water were determined. Overall, the
results indicated that these decreased with an increasing plant production capacity, regard-
less of the used feedwater (Table 3 and Figure 3). In this regard, the total production costs of
the desalinated water were between 0.59 and 1.52 USD/m3 for desalination plant capacities
of 100,000 and 500 m3/d, respectively. Meanwhile, for the use of municipal wastewater
as feedwater, the total water production costs were between 0.33 and 2.12 USD/m3 for
scenario 1, and they ranged from 0.59 to 2.44 USD/m3 for scenario 2 for production plant
capacities of 100,000 and 500 m3/d, respectively (Table 3). Different wastewater treatment
costs can be found in the literature ranging from 0.40 and 1.26 USD/m3, which can be asso-
ciated with different combinations of tertiary treatments, such as coagulation-flocculation,
filtration, ultrafiltration, disinfection, reverse osmosis, among others [40–44]. Among these
studies, Fundación Chile (2016) [44] evaluated the reuse of municipal wastewater from
submarine outfalls WWTPs for agricultural activities. These authors reported operating
costs ranging from 0.79 to 1.02 USD/m3, including water transportation costs. However,
these authors did not indicate the technologies that were being considered to replace the
current wastewater treatment system. This wide range of potential used technologies
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prevents the comparison of these obtained values with the previously reported ones. In
any case, the total costs obtained in this work are within this range.

Furthermore, the price at which produced water would have to be sold in order to
recover the internal costs of the project for the conventional WWTP ranged between 0.53
and 4.27 USD/m3 for production plant capacities of 100,000 and 500 m3/d, respectively.
Meanwhile, this was found to range between 0.91 and 4.77 USD/m3 for the production
of water from a submarine outfalls WWTP with plant capacities of 100,000 and 500 m3/d,
respectively. The minimum price of the produced water was also calculated for the sce-
nario where seawater desalination was evaluated, obtaining values ranging from 1.30 to
4.03 USD/m3 to produce water, for plant capacities of 100,000 and 500 m3/d, respectively
(Figure 3). Therefore, results would indicate that WWTP retrofitting would be more fa-
vorable than the implementation of seawater desalination when the city has conventional
WWTP to treat its wastewater rather than a submarine outfalls WWTP.

Figure 3. Water price (USD/m3) for the proposed scenarios.

Therefore, the production of water from municipal wastewater by a UF-RO system
(scenario 1) may be an attractive alternative to seawater desalination for water plant capac-
ities higher than 1500 m3/d. In addition, for these cases, the reuse of wastewater would
result in an opportunity cost that allows for the transportation of produced water from the
water production facility to the water demand site (Table 3 and Figure 4). Nevertheless, if
an activated sludge unit followed by a hybrid UF-RO system (scenario 2) is implemented
to produce water from municipal wastewater, seawater desalination becomes more prof-
itable than the reuse of municipal wastewater for production plant capacities lower than
70,000 m3/d. In this case, the selection of seawater desalination instead of the reuse of
wastewater allows for the production of water and its transport to the water demand site
(Figure 4). It should be noted that the maximum distance that produced water can be
transported will depend on the water flow to be supplied (Figure 4).

3.3. Water Production from Non-Conventional Water Resources: Case Studies from Chile

Here, we illustrate the use of the proposed methodology in eight different cities of
Chile that are placed in regions that are prone to suffer from water stress (Figure 2), and
they, collectively, represent a sample of water security problems that can be found in arid,
semi-arid or Mediterranean areas of fast-growing economies. These cities are located near
to the coast or in inland areas, and their water demand is between 1033 and 33,659 m3/d
(Table 4 and Figure 2). The production of water, either by the reuse of municipal wastewater
or by the desalination of seawater to provide water for these Chilean cities was studied.
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Figure 4. Estimated maximum distance (km) for the pairwise comparison of the proposed scenarios.

Table 4. Estimated values obtained to supply water from potential water supplier cities to the studied cities.

City
Water Demand

(m3/d)
WWTP

Potential Water
Supplier City

Produced
Water (m3/d)

deq_ww (km)
deq_coast

(km)
ΔDmax

(km)

Alto
Hospicio 23,824 conventional

Iquique 28,719 22.4 3.4 86.1
Pozo Almonte 1533 61.4

Mejillones 2915 submarine
outfalls

Antofagasta 53,788 65.6 0.7 −46.3
Tocopilla 3683 132.0

Freirina 1033 conventional
Huasco 1352 20.2 20.6 −54.0
Vallenar 6990 43.8

Huasco 2003 submarine
outfalls

Vallenar 6990 62.8 0.8 −65.9
Freirina 697 20.2

Andacollo 2252 conventional
La Serena 30,403 78.1 69.0 32.4

Ovalle 13,297 68.2
Tongoy 835 92.0

Limache 8813 conventional
Villa Alemana 19,037 23.6 30.3 86.9

Quillota 11,898 21.2
Olmué 1865 10.9

Quillota 17,624 conventional
Viña del Mar 50,772 49.8 25.1 89.0

La Calera 7393 19.5
Concón 5986 33.1

Quilpué 33,659 submarine
outfalls

Viña del Mar 50,772 34.6 11.9 −2.7
Villa Alemana 21,937 6.0

Limache 5950 28.4

As shown in Tables 4 and 5, results indicated that the production of water from con-
ventional WWTP is an attractive alternative to seawater desalination for water production
capacities ranging from 2200 to around 24,000 m3/d, regardless of the distance between
the coast and the city. For these cities, the reuse of municipal wastewater allows for the
transport of produced water for a maximum distance between 32.4 and 89.0 km, respec-
tively (Table 4 and Figure 5). For instance, for the city of Alto Hospicio, cities located within
an equivalent distance of 86.1 km from this city could be candidates for the position of
their water supplier. Therefore, the reuse of the municipal wastewater generated in the
city of Iquique could be a potential water supplier city because it is located at a distance of
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around 22.4 km from Alto Hospicio. However, the reuse of municipal wastewater would
not be a good option for cities with a water flow demand lower than 2200 m3/d. In this
regard, the city of Freirina has a water flow demand of around 1000 m3/d, so seawater
desalination would be the appropriate scenario for the supply of water to this city (Table 4).
As previously mentioned, the desalination of seawater becomes more profitable than
municipal wastewater reuse at low water flows (production plant capacity < 1500 m3/d)
(Tables 4 and 5). Moreover, seawater desalination would be more profitable to produce wa-
ter than wastewater reuse when the city uses submarine outfalls WWTP to treat municipal
wastewater, regardless of the water flow demand (Tables 4 and 5). As shown in Table 4, the
maximum distance that desalinated water can be transported is between 46.3 and 65.9 km
for cities with water flows ranging between 2000 and 3000 m3/d. It should be noted that
these cities are located near to the coast (distance from the coast < 1 km), and this transport
distance decreases with an increasing water plant capacity as well as an increasing distance
from the coast (Table 4 and Figure 5).

Table 5. Summary of the selected cities to supply water to the water-demanding cities.

City Water Resource Water Price (USD/m3)

Alto Hospicio Wastewater reuse (from Iquique) 0.63
Mejillones Seawater desalination 2.23

Freirina Seawater desalination 2.62
Huasco Seawater desalination 2.66

Andacollo Wastewater reuse (from Ovalle) 1.31
Limache Wastewater reuse (from Quillota) 0.69
Quillota Wastewater reuse (from Viña del Mar) 0.66
Quilpué Seawater desalination 1.37

The minimum price of the produced water would range from 0.63 to 1.31 USD/m3 for
cities supplied by the water produced from municipal wastewater, and it would be between
1.37 and 2.66 USD/m3 for the cities where seawater desalination is used to supply the
demanded water (Table 5). It should be noted that the estimated price of water supplied by
municipal wastewater is lower than the current market price in Chile, which is between 1.09
and 3.20 USD/m3 [45]. Meanwhile, the price to produce water from seawater desalination
is within the current range of Chilean prices. Thus, the results indicated that the reuse of
municipal wastewater would be more economical to produce and supply water compared
to the desalination of seawater for water flow demands higher than around 2000 m3/d,
particularly for cities that use conventional WWTP to treat municipal wastewater.

Therefore, these results fit quite well with the expected results. Thus, it can be inferred
that the proposed methodology should be useful in deciding on the best non-conventional
water resource, between seawater and municipal wastewater, to supply water to cities that
suffer from water stress. Additionally, it is important to note that the scenarios proposed in
this work should be evaluated according to the local characteristics of the regions where
these water production systems will be installed.
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Figure 5. Maximum equivalent distance to transport produced water for studied cities: (A) Alto Hos-
picio; (B) Mejillones; (C) Freirina; (D) Huasco; (E) Andacollo; (F) Limache; (G) Quillota; (H) Quilpué.
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4. Conclusions

Even when seawater desalination has considerable water supply potential, particu-
larly for countries like Chile due to its abundance and availability, the reuse of municipal
wastewater represents an economical alternative to seawater desalination for the produc-
tion of water. In this regard, the retrofitting of conventional WWTPs in order to reuse
municipal wastewater can be more profitable than seawater desalination for water plant
capacities higher than 1500 m3/d. In contrast, when the treatment of municipal wastewater
is based on the use of submarine outfalls, seawater desalination becomes more profitable
than wastewater reuse for the production of water flow rates lower than 70,000 m3/d.

From a policy perspective, the proposed methodology should be of great interest to wa-
ter authorities interested in promoting municipal wastewater reuse as a non-conventional
water source for the supplying of water to cities that are located in water scarce areas.

Moreover, it should be noted that the reuse of municipal wastewater in the same city
has not been considered in the proposed methodology. This methodology is based on the
reuse of municipal wastewater from nearby cities that generate wastewater flows higher
than the water required for the water-demanding site. Hence, future research on this issue
should focus on including the reuse of municipal wastewater from more than one city (e.g.,
from nearby cities and from the same city) in order to meet the water requirements of the
water-demanding site. Additionally, other local non-conventional water resources, such as
rainwater and fog, could be included as feedwater to produce water in this methodology.
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10.3390/su13126815/s1, Table S1: Capital costs to produce water from municipal wastewater by a
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an activated sludge unite followed by a UF-RO system (scenario 2), Table S3: Capital costs to produce
water by the desalination of seawater (scenario 3), Table S4: Operating and maintenance costs to
produce water from municipal wastewater by a UF-RO system (scenario 1). Table S5: Operating
and maintenance costs to produce water from municipal wastewater by an activated sludge unite
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Abstract: Cooling water blowdown (CWBD) generated from different industries and district cooling
facilities contains high concentrations of various chemicals (e.g., scale and corrosion inhibitors) and
pollutants. These contaminants in CWBD streams deem them unsuitable for discharge into surface
water and some wastewater treatment plants. The pollutants present in CWBD, their sources, and
the corresponding impacts on the ecosystem are discussed. The international and regional (Gulf
states) policies and regulations related to contaminated water discharge standards into water bodies
are examined. This paper presents a comprehensive review of the existing and emerging water
treatment technologies for the treatment of CWBD. The study presents a comparison between the
membrane (membrane distillation (MD), reverse osmosis (RO), nanofiltration (NF), and vibratory
shear enhanced membrane process (VSEP)) and nonmembrane-based (electrocoagulation (EC), bal-
lasted sand flocculation (BSF), and electrodialysis (ED)) technologies on the basis of performance,
cost, and limitations, along with other factors. Results from the literature revealed that EC and VSEP
technologies generate high treatment performance (EC~99.54% reduction in terms of silica ions)
compared to other processes (membrane UF with reduction of 65% of colloidal silica). However, the
high energy demand of these processes (EC~0.18–3.05 kWh/m3 and VSEP~2.1 kWh/m3) limit their
large-scale applications unless connected with renewable sources of energy.

Keywords: cooling water blowdown; treatment technologies; contaminants; membrane technologies;
emerging technology

1. Introduction

Scarcity of freshwater is one of the eminent dangers that can be found in many coun-
tries around the world. It can be considered a global problem as a result of the rapid growth
of population; industrialization; and, more importantly, the pollution caused to fresh water
from many sources. The water supply could be increased beyond the natural hydrological
cycle by implementing energy-efficient and sustainable technologies for recycling and
reusing the wastewater instead of releasing it into water bodies, which may cause further
problems and diseases. When all systems that consume water optimize their usage and
apply developed technologies, it will ensure that water will be conserved and secured,
with considerable savings in freshwater consumption being realized. Although water is
consumed by many sectors and processes in different industries, cooling tower systems
require and consume a significant amount of water in industries, power plants, universities,
and government buildings [1]. Cooling towers are units that provide an energy-efficient
and cost-effective operation for devices in need of cooling [2,3]. During the process of
cooling, water is continuously recirculated, while some water evaporates; this leads to an
increase in the concentration of salt and contaminants to high levels. As the number of re-
circulation cycles increases, the solubility of various solids is reduced; consequently, solids
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will form a shale shape on the warm surface of the condenser pipes. The formed scales
in the cooling tower unit cause a reduction in the heat transfer efficiency as they insulate
the metal surface of the tower [4]. With further recirculation of the concentrated water,
permanent damage can occur to the cooling system [1]. Therefore, this highly concentrated
water stream is discharged out of the system as a cooling water blowdown water (CWBD).
The discharge may contain iron oxides, calcium phosphate, calcium carbonate, magnesium
silicate, silica, and many other contaminants and pollutants [4]. CWBD discharge helps
enhance heat transfer efficiency since the concentration of the silica and hardness ions in
the circulated water is kept under the level where scales can be formed [5]. A make-up
stream of fresh water is used to compensate for the amount of water lost in evaporation
and CWBD discharge.

Water shortages and the rising prices of freshwater have encouraged many indus-
tries to reduce their dependence on freshwater and focus on using treated water as an
alternative [4]. For example, in GCC countries, lack of freshwater resources forces these
countries to use the treated sewage effluent (TSE) as CWBD. On the other hand, various
treatment technologies have been used or proposed to treat any type of wastewater and
sustain the available water resources. Different technologies have been used to treat the
CWBD. Reverse osmosis (RO), electrodialysis (ED), nanofiltration (NF), electrocoagulation
(EC), vibratory shear enhanced membrane process (VSEP), ballasted sand flocculation
(BSF), and membrane distillation (MD) were usually proposed as suitable technologies.
Saha et al. [6] evaluated the effect of operational parameters and the type of electrodes on
the removal of organic pollutants from CWBD when electrochemical oxidation is applied
as a pre-treatment technology. In a different paper, Saha et al. [7] studied the treatment
of CWBD by combining constructed wetlands with the electrochemical oxidation process.
The study showed that the integrated system of VFCW-EO had a better ability to remove
organic chemicals, such as TOC, COD, and the corrosion inhibitor benzotriazole, than the
EO and VFCW systems.

Wagner et al. [8] reviewed the possibility of using electrochemical oxidation for the
removal and conditioning of chemicals out of CWBD, and results showed an excellent
treatment performance represented by removal rates of 85% and 51% for COD and TOC
respectively, with the BDD-anode. Additionally, Li et al. [9] recently conducted a tox-
icity assessment, technical performance, and economic evaluation for the treatment of
CWBD water by implementing adsorption-electrocatalytic oxidation. Results showed that
PANI/TiO2, which is polyaniline-modifiedTiO2, was a promising adsorbent for phosphorus
and organics removal from CWBD.

The aforementioned literature reviews showed that the conducted studies, reviews,
and published work on the treatment of CWBD water are limited. There is a clear gap in
knowledge related to the performance of different treatment technologies in tackling the
CWBD problem. The impact of water quality parameters and the discharge volume on the
process’s performance and the energy demand required further investigation. Reviewing
various treatment technologies will provide an idea about the possible alternatives to treat
the effluent streams from cooling towers, which will make decision-makers aware of the
potential processes for treating purposes. Additionally, evaluating critical criteria, such as
the technologies’ cost, efficiency, and effluent quality, is highly important in selecting the
most sustainable, green, and economical option. Regulations and standards are another
important evaluation factor as they determine the maximum level of contaminates concen-
tration permitted at the endpoint or the discharging area. Therefore, this work presents a
comprehensive review and comparison between the existing and emerging water treatment
technologies for the treatment of CWBD. Different treatment technologies of CWBD were
reviewed and evaluated on the basis of process scale, maintenance, chemical additive
requirements, energy consumption, quality of permeate and sludge, and more importantly
removal ability of contaminants and cost analysis. The impacts of contaminants presented
in CWBD on the environment and human health, as well as the operations of cooling tower
systems, are presented and discussed. In addition, the regional and international policies
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and regulations related to contaminated water discharge standards into water bodies are
explored and discussed. The paper highlights regulations and standards of wastewater
discharged to sewage treatment plants, the marine environment, and irrigation purposes.

2. Overview of CWBD Pollutants and Impacts

As a part of the cooling processes in cooling towers, a portion of the concentrated water
is discharged out of the system as CWBD to control the concentration level of different
ions and compounds in the cooling tower. In this section, pollutants found in CWBD are
reviewed, with a focus on the ones of concern and their impacts.

2.1. CWBD Contaminants

Studying the available pollutants in CWBD will help in reusing it or selecting an
end of pipe solution to reduce these pollutants before discharging the effluent into water
bodies. The type and the quantity of contaminants available in that effluent vary from
one system to another and depend on many factors. For instance, the source of the inlet
and make-up water to the cooling tower has a great impact on the presence of various
contaminants over others. The types of chemicals used for treatment purposes, as inhibitors
or even as an anti-corrosion inside the towers, can significantly affect the composition of
chemicals found in water. Stratton et al. [10] investigated the water quality parameters of
the blowdown and make-up water from 11 cooling towers. The results showed that the
chemical composition of the water varied greatly between the cooling towers for many
reasons, such as the make-up water chemistry and the chemicals used for treatment.

Table 1 presents the most common contaminants in CWBD stream from different
recent references. Ahmed et al. [11] showed an excellent representation of the CWBD
characteristics regarding the available contaminates and their corresponding concentrations
for different streams and references. Common contaminants are found in all or at least most
effluents, including calcium ions, magnesium ions, and chloride (see Table 1). Sulphate,
phosphate, iron and sodium ions, and TDS, among others, can be also found in the CWBD.
It is noticeable that the presence of some contaminants differs between the effluent streams.
One primary reason could be that the studies did not conduct complete characterization
analysis for all available contaminants in CWBD, and that can be due to the scope of the
focus of their studies. For example, the target of Abdel-shafy and his colleagues in their
paper [4] was to treat CWBD from calcium, magnesium, and silica ions using magnesium
electrodes in electrocoagulation (EC) technology; hence, their analysis focus was only on
these ions. Hong and other authors in a thesis project [1] focused on reducing the total
dissolved solids (TDS) level in CWBD to be equivalent to tap water. Differences in levels of
contaminants are because of the amount and type of chemicals used in the cooling tower
as well as the cyclic concentration. Moreover, increasing the evaporation rate in cooling
towers will increase the concentration of ions [12,13]. The differences in rates of evaporation
depending on the design and the efficiency of the tower. The quality of air passed in the
cooling tower also impacts the characterization of CWBD water because air with a high
amount of dust will increase the total amount of suspended solids and turbidity of the
CWBD stream compared to filtered air [11].

2.2. Contaminants of Concerns in CWBD and Their Impacts

The effluent from the cooling tower contains a wide range and various types of
contaminants that can significantly affect the environment and human life. Total dissolved
solids (TDS) at high concentrations are considered as one of the major contaminants.
Dickerson and Vinyard [14] reported that the elevated concentrations of TDS caused the
extinctions of two nonindigenous species of fish in Walker Lake, Nevada. In a standard
desalination plant, 50,000 to 70,000 ppm are considered as a common range for the effluent
TDS in CWBD [1,15]. In addition, elevated levels of TDS in water streams can cause scaling
and corrosion to the pipelines [1], consequently affecting transport efficiency and increasing
maintenance costs.
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Weber-Scannell et al. [16] discussed the effects of TDS on aquatic organisms. Discharg-
ing CWBD water with a high amount of phosphate (PO43−) into water bodies increases the
growth of algae, leading to oxygen depletion in the water [17], and eventually mortality of
aquatic creatures such as fish, flora, and fauna [18].

Groundwater is a freshwater resource that can be highly impacted by contaminants
found in CWBD. Ions of sodium (Na+), magnesium (Mg2+), sulfate (SO4

2−), potassium
(K+), chloride (Cl−), calcium (Ca2+), and bicarbonate (HCO3

−) are the main inorganic ions
present in natural waters. However, increasing their concentrations can cause health as well
as environmental issues. For example, physical inconveniences such as diarrhea and skin
irritation can be caused when the groundwater is highly concentrated with sulphate [19].
Increasing the level of magnesium and calcium as a result of injecting wastewater streams
such as CWBD can cause water hardness. For some developing countries, groundwater
is their main or only source of drinking water, and such contaminants threaten their
water security. Such hardness ions do not only affect groundwater, but they can cause
scaling and other mechanical problems to the cooling towers when recycled without
treatment [20]. Other contaminants such as arsenic in groundwater with elevated levels
can cause cancer [21], loss of limbs, or even lead to death in critical cases [19,22]. The
drinking of fluoride-concentrated groundwater can have an adverse impact on the growth
of children and at extreme concentrations, it can lead to death because of its toxicity [19].
Trace of heavy metals such as zinc, chromium, lead, nickel, silver, aluminum, copper,
cadmium, and cobalt also exist naturally in groundwater, and their concentrations can
be increased with human activities [23,24], consequently affecting the ecosystem as well
as making groundwater unfit for human consumption. Zinc is considered a poisoning
metal that causes skin irritations, anemia, and other infections [18,25]. The presence of
lead in animal and human bodies impacts the synthesis process of hemoglobin that can
lead to anemia and more severe problems [18]. Cadmium is toxic for organisms that live
in the aquatic environment and can cause problems to the kidney and liver. In contrast,
chromium can cause cancer for humans as well as skin irritation [18].

Table 1. Common contaminants available in CWBD water.

Parameter Unit [4] [11,26] (J. Löwenberg, 2015) [7] [1] ****

pH 8.2 7.9 6.8 ± 0.2
Calcium (Ca2+) mg/L 392 ** 1204 ** 338 ± 7.6 125.9

Magnesium (Mg2+) mg/L 280 ** 259 ** 58 ± 2.4 12.5
Silica (SiO2) mg/L 27 *** 0.9

Chloride (Cl−) mg/L 162 500 458 ± 10 205.32
Zinc (Zn2+) mg/L 1.2

Phosphate (PO4
3−) mg/L 6.61 * 5.9

Iron (Fe2+) mg/L 0.1 0.6343
Sulphate (SO4

2−) mg/L 711 1043 ± 52 469.05
Aluminium (Al3+) mg/L 0.0596

Barium (Ba2+) mg/L 0.145 0.1142
Potassium (K+) mg/L 75 ± 1.3 8.1
Sodium (Na+) mg/L 334 ± 2.9 262.8
Copper (Cu) mg/L 0.224

Strontium (Sr2+) mg/L 1.500 1.0853
Bromide (Br−) mg/L 43.35

Fluorine (F) mg/L 8.1
Total suspended solids (TSS) mg/L 12
Total dissolved solids (TDS) mg/L 1297 1329
Total organic carbon (TOC) mg/L 41 ± 1.3
Chemical oxygen demand

(COD) mg/L 107 ± 6.4

Nitrate (NO3−) mg/L 86.7 57 ± 1.8
Turbidity NTU 7.93 7.3

CWBD water source Effluent of a urea
fertilizer plant

From a cooling tower (CT)
next to the Dow premises in

Terneuzen (The Netherlands)

From (CT) of Dow
Benelux BV (Terneuzen,

The Netherlands)

From CSULB
cooling towers

* Total phosphate as PO4. ** As CaCO3. *** Silicates as SiO2. **** Unit changed from μg/L to mg/L.
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Different types of anti-corrosion chemicals such as chromates, nitrites, molybdates,
and tungstates [27], as well as biocides such as glutaraldehyde and isothiazolin [28] are
added to cooling towers to inhibit the growth of algae, fungi, and bacteria available in the
cooling water. Such chemicals and compounds are highly toxic for all living things and the
environment when dumped into water bodies [1].

Using wastewater and CWBD as an example for irrigation applications is commonly
applied in many countries to reduce the water scarcity problem [29]. However, the effect of
available contaminates in such streams should be considered since they can contaminate
soil and crops with lasting impacts on the whole biological chain [30]. Ingestion of such food
can result in accumulated levels of contaminants that lead to many of the above-mentioned
diseases [29,31].

Aside from the direct usage of wastewater, some facilities discharge it to sewers to
be treated in sewage treatment plants. The design of the treatment system differs on the
basis of the type of sewage. The availability of grit chambers, screens, sedimentation tanks,
and other units will greatly affect the treatment ability of the sewage treatment plants
in terms of many aspects [32]. The efficiency, maintenance costs, and the penetration of
contaminants with the effluent water could be some of the impacts of industrial wastewater
on the sewage treatment plants that can adversely affect the environment. The sewage
treatment systems are designed on the basis of technologies that can handle certain types
and concentrations of contaminants, and variations can lead to the production of water
with low quality or cause a damage to the system. According to the study performed by
Pophali et al., influent with high TDS can interfere with the oxygen transfer essential for
biological metabolism, hence affecting the efficiency of the activated sludge process.

Considering the environmental, health, and operational, undesirable impacts of CWBD
contaminants on different water systems, there is a need to consider water treatment tech-
nologies as means of managing CWBD. The following sections of the paper present reviews
of existing technologies and evaluate them on the basis of their technical, environmental,
and economic performance.

3. Overview on CWBD Water Treatment Technologies

The technologies that will be reviewed in this section are extensively implemented
for the treatment of wastewater and CWBD as a type of wastewater. There are many
pre-treatment processes used for CWBD water that can screen solids and remove other
contaminants to reduce the load on the major treatment technologies, which are used to
remove dissolved contaminants, suspended solids, etc. However, the focus here will be on
the treatment processes, which were found to be applicable and suitable for CWBD treat-
ment according to conducted studies and the literature; the technologies are presented in
Figure 1. Non-membrane-based technologies include EC and BSF, while membrane-based
technologies are MD, ED, RO, NF, and an emerging technology called VSEP membrane
process. All these technologies are reviewed in this section, then evaluated on the basis of
their ability for removal of contaminants, cost, and other factors in Section 5.
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Figure 1. A summary of CWBD treatment technologies.

3.1. Membrane-Based Technologies

Membrane-based technologies are used to separate contaminants out of various
streams such as wastewater. These processes do not require the addition of chemicals,
have relatively low energy, and can be used and operated easily [33]. The principle of
membrane processes is mainly based on the semi-permeable membranes that act as a filter
that allow water to flow through and catch other contaminants. Substances can penetrate
through the membrane under certain conditions, such as high pressure and the presence of
electric potential [33]. Although the working principle is common between the membrane
technologies, several differences make these technologies unique; major differences are
highlighted in the following sections for each process.

3.1.1. Electrodialysis Process (ED)

The electrodialysis process for treating cooling water blowdown is an electrochemi-
cal [1] and membrane-based process. Ions in this process are transported and separated
selectively by electrical field across several ion-exchange membranes [34]. At the end of the
process, the concentration of ions increases in the concentrate compartment and decreases
in the dilute compartment [1]. Further information about ED in the food, nutraceutical,
beverage industries, as well as other industrial and municipal wastewater industries and
designs, are covered within References [34–36]. The authors of [1] reported the usage of
the ED process for the treatment and removal of TDS and other contaminants from CWBD
efficiently. Major outcomes showed the ability of ED in a two-chambered cell to reduce
TDS by 91.3%, 84.6%, 83.7%, and 93.4%, for trials 1, 2, 3, and 4, respectively. Additionally,
ED had the ability to reduce the sulfate content in CWBD by 96% for each sample; reduce
chloride for all samples by 91.9%; and an average removal of sodium and calcium 93.8%
and 95.7%, respectively.

3.1.2. Membrane or Thermal Membrane Distillation (MD or TMD)

Membrane distillation is another membrane-based separation and physical technology
used for the treatment of solutions that contain mainly water, such as CWBD, as studied
by [37,38]. In MD, there is a direct contact between the aqueous solution and the microp-
orous membrane, which is hydrophobic, at least from one side of that membrane [39]. MD
is a thermally driven membrane [37], wherein the temperature difference between the two
sides of the membrane induces a partial pressure gradient that leads to mass transfer of
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molecules through the pores of the membrane [37–39]. More well represented and reviewed
details about this process can be found in the following papers: [37–45]. Generally, MD
can treat many wastewater streams such as CWBD and water effluent from the process.
For CWBD treatment, MD can utilize the waste heat from cooling towers in the process to
create the temperature and pressure gradient as the driving force for the separation [37,38].

3.1.3. Reverse Osmosis (RO)

Reverse osmosis (RO) is one of the commonly used membrane-based technologies to
treat wastewater stream effluent from different industrial processes as well as other sectors.
This technology can be implemented to treat CWBD and usually requires a pre-treatment
process to limit and reduce the membrane fouling as reviewed and studied in the litera-
ture [11,26,46–49]. Scaling phenomena occur when the dissolved salts become concentrated
due to the extraction of clean water, which can lead to fouling of RO membrane. Examples
of scaling constituents present in CWBD are calcium and magnesium hardness, fluoride, bi-
carbonates, barium, sulfates, strontium, silicate, and phosphates. As previously mentioned,
pretreatment is one of the scaling control strategies in the RO process. In addition, con-
ventional techniques such as the addition of scale inhibitors (e.g., polyacrylamide (PAM),
polyacrylic acid (PAA), and polymaleic anhydride), or by adjusting the operational param-
eters such as time. Recently, novel techniques have been developed to control the scaling in
RO process such as nanofiltration and feed flow reversal. RO is a membrane desalination
process driven by pressure, where a semipermeable membrane is used to allow only water
to penetrate, leaving behind the dissolved ions and salt. Several pre-treatment processes
have been reviewed by Ahmed et al. [11]; they include constructed wetlands, coagulation
settling and filtration, microfiltration, powdered activated carbon (PAC) adsorption, and
ultrafiltration (UF). The result out of the review showed that physio-chemical processes
are practical for CWBD pre-treatment. Among the prefiltration processes, ultrafiltration
is the most popular option; however, MF can be a better alternative to UF. Löwenberg
et al. [26] conducted experiments and investigated the suitability of using PAC adsorption,
coagulation, and UF as pre-treatment processes before RO for the treatment CWBD. The
main output of this study showed that coupling PAC with UF is the best combination
as a pre-treatment process to enhance the performance of the RO process. In another
study, Hossein et al. [47] investigated the suitability of coagulation-filtration and UF as
pre-treatment processes before nanofiltration (NF) and RO to treat CWBD. Results showed
that both pre-treatment processes are efficient; however, UF may face fouling, and hence it
requires a pre-treatment to overcome this issue.

3.1.4. Nanofiltration (NF)

Nanofiltration is a membrane-based technology used for the treatment of waters, such
as desalination of brackish water and seawater. Moreover, it can treat wastewater streams
from different applications such as textile, industrial, and pharmaceutical [50]. With a pore
size between 1 to 10 nm, small ions and organic substrates can be selectively removed
by NF with low consumption of energy [50–52]. Olariu et al. [20] mentioned that the
pore size of NF membrane could be between 1 to 10 nm, which is capable of removing
large organics, as well as monovalent and divalent ions. Further details about the process,
the working mechanism of NF technology, and other information are well presented in
the following papers: [50–53]. NF can be implemented in industries where CWBD water
requires treatment. Olariu et al. [20] used the NF process as a treatment process of CWBD
water in a pilot plant with other pre-treatment steps. Results showed that around 97% of
salts were rejected. In addition, Hossien et al. [47] experimented as a part of their study
on the effect of using RO or NF as a post-treatment process. The results showed that both
were applicable and produced high-quality water for reuse.
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3.1.5. Vibratory Sheared Enhanced Membrane Process (VSEP)

VSEP is one of the emerging membrane-based separation technologies used for the
treatment of wastewater streams discharged from different applications. VSEP is similar to
conventional membrane technologies; however, the membrane is mechanically vibrated for
better removal efficiency of contaminants as well as reducing fouling problems associated
with membrane processes due to the high sheared stress applied on the surface of the
membrane [54,55]. VSEP can be used in various applications, such as for the treatment of
brine as discussed by Balasubramanian et al. [56] and the treatment of landfill leachates as
experimented by Zouboulis et al. [57]. The use of VSEP is for the treatment of CWBD water
streams for water recovery and reuse, as well as for reducing the volume of CWBD streams.

3.2. Non-Membrane Based-Technologies

3.2.1. Electrocoagulation Process (EC)

Electrocoagulation is a non-membrane-based and electrochemical separation process
used to remove different pollutants by applying chemical and physical mechanisms [58–60].
The supplied electricity to the system can destabilize emulsified, dissolved, or suspended
pollutants and contaminants in an aqueous medium [58]. This process can be used in many
industrial applications to treat the effluents out of the processes, such as manufacturing [61]
and petrochemical industries [62]. It is used to remove contaminants such as hardness
ions [63], nickel [64], iron [65], chromium [66], fluoride [67], and phosphate [68]. More
descriptions of the mechanisms used in the process and the reaction are available in the
following references: [58,69–72]. Recently, El-khateeb et al. [4] studied the possibility of
using magnesium rod-electrodes in the EC process to treat the effluent stream blowdown
from cooling towers. Results showed that the system was able to remove hardness ions
and silica with efficiencies of 51.80 and 93.70%, respectively. Other studies have shown
supporting evidence that the use of the EC process to treat CWBD is effective [4,5,73].

3.2.2. Ballasted Sand Flocculation Process (BSF)

BSF is one of the physical-chemical non-membrane-based processes used for the
treatment of water and wastewater streams effluent from various sectors. It is capable
of removing many contaminants, such as total suspended solids TSS, and a wide range
of heavy metals, as well as reducing COD and BOD indicators [74]. BSF can be used
for the treatment of urban run-off water [75], stormwater run-off [76], CWBD [77], and
others. Three main processes followed in BSF technology include injection of micro-sand,
coagulant, and polymer to the system, followed by a maturation process, and finally settling
the mixture and separation [74]. Further details and experimental work about BSF can be
found in the following references: [74–76,78,79].

4. Evaluation of CWBD Water Treatment Technologies

Implementing one of the previously reviewed technologies for the treatment of CWBD
water is highly applicable. However, considering the most suitable, green, sustainable,
and highest performance technology is the main objective targeted by industries. Before
implementation, screening and evaluating suitable technologies is necessary and requires a
clear definition of the performance criteria. In this section, key criteria are used to compare
and assess the treatment systems for CWBD; Table 2 shows a summary of the findings.
The criteria considered are the scale of the process; maintenance requirements; chemical
additive requirements for the system; energy consumption; permeate (effluent) quality;
sludge characteristics; and, most importantly, the ability to remove CWBD contaminants
and cost. All of these criteria are discussed and evaluated in this section.

Most of the seven technologies presented earlier were implemented in different scales,
including laboratory, pilot, and commercial or industrial. However, ED and RO processes
are considered one of the most established and well-known processes and are widely
used [80–83]. NF, VSEP, BSF, and EC can be considered as emerging technologies, and this
is due to limitations in their performance and cost, as is highlighted below.

148



Sustainability 2022, 14, 376

Required maintenance for a system is often a factor that the industry considers. This
criterion is impacted by the material used in the system, the number of moving parts, avail-
ability of membranes and associated fouling problems, and many others. EC technology
requires maintenance mainly related to the periodic replacements of the electrodes used in
the system [58]. It is considered a low maintenance system as compared to membrane-based
technologies such as RO, ED, and NF. As some require high operating pressure and have
issues with fouling. ED process has a longer membrane lifetime, and therefore maintenance
will be lower than RO process [84]. Applying a pre-treatment process ahead to these
technologies can reduce the fouling problems, consequently reducing the maintenance
requirements. MD and VSEP processes require low maintenance; the latter is designed with
a vibrating membrane to minimize fouling. The needed maintenance by VSEP is mainly
associated with the few moving parts in the system [85].

The use of chemical additives in the process is an inherent part of some water treatment
systems such as ED, RO, MD, and NF. Moreover, often, chemical treatment is required for
the regeneration and cleaning of membrane-based processes. In the studied water treatment
systems, BSF technology requires a high quantity of chemical dosages. The optimum values
are 5–150 mg/L of alum, 40–190 mg/L of FeCl3 (ferric chloride), 0.3–1 mg/L of polymer,
and 3–12 mg/L of sand.

Energy requirements and consumption is critical aspect that affects the operational
cost of the process directly impacts on the environment in terms of emission. Electricity is
the main source of power used in these processes; however, in MD, most of the consumed
power in the process is in terms of heat, with a small amount of electricity for running
pumps [37]. Both NF(0.3–1 kWh/m3) [86] and ED processes (depending on the level of
TDS) require less energy compared to the RO process (1.5–6 kWhe/m3) [87,88], mainly
due to lower pressure requirement [89,90]. However, increased energy requirements are
observed for ED for influent streams with higher salt content [91]. VSEP requires higher
energy than RO process mainly due to the need for intense shear requirements on the
membrane; under the same conditions, at TDS of 500 mg/L, motor/pump efficiency of 85%,
and feed water recovery of 75%, the energy required by RO is 0.7 kWh/m3. In contrast,
VSEP requires 2.1 kWh/m3. In the BSF process, hydro-cyclone is used for the separation
and recirculation of micro-sand back to the process, which requires high-pressure input,
and consequently higher energy consumption [92]. Finally, for EC, the operation of the
process depends mainly on a continuous source of electricity. However, many studies
were conducted to reduce the consumption of power by using more effective electrodes
or changing their configurations for lower energy, as indicated in Table 2. The alternative
available for EC is to consider using of a renewable energy source such as a solar system to
reduce environmental impacts from energy consumption [93].

The quality and characterization of the permeate stream (treated) and the sludge or
concentrated stream (rejected with contaminants) are key factors in selecting a suitable
wastewater treatment technology. EC process produces high-quality effluent with low
content of TDS and has neither color nor odor. EC system removes hardness and silica
ions with different types of electrodes such as Zn, Fe, and Al electrodes with a removal
efficiency of 38.63% and 95.62%, 36.99% and 98.93%, and 55.36% and 99.54% for the total
hardness and silica ions, respectively. Although the water quality effluent from RO process
is high, ED process has a higher recovery rate in comparison. For MD process, low recovery
or flux of water is produced as compared to RO process, but the salt concentration in
permeate is approximately zero. NF process has stable flowrate and clean permeate as in
Table 2; in fact, many industries are using the technology and some are replacing their RO
process [50]. BSF is comparable to conventional processes, e.g., RO and ED, and in some
cases outperforms others in terms of permeate quality [74]. VSEP is the only technology
that produces a permeate stream free of solids in comparison to the studied alternatives.
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In terms of sludge or the concentrated stream produced from these technologies,
EC has non-toxic and low amounts of sludge with no brine formation compared to the
membrane, ion-exchange, and conventional technologies [94]. On the other hand, ED
produces a high amount of sludge and RO has a highly saline concentrated stream. The
discharged volume and the retentate concentrations of NF process are lower as compared
to RO process. For BSF process, the generated flocs can be easily eliminated. VSEP
concentrated stream contains a high amount of salts (30–35%) compared to the process
influent [95,96]. Finally, the MD process rejects various types of contaminants with a very
high percentage close to 100% to form a concentrated stream of non-volatile compounds,
macromolecules, and inorganic ions.

Contaminant removal effectiveness of the technology is a top criterion in selecting the
CWBD treatment system. The literature has presented the removal and treatment capability
of EC, ED, and MD processes for several contaminates in CWBD stream. It is important
to clarify that the conducted experiments by EC and ED processes analyzed the removal
or reducing levels of targeted contaminants such as magnesium, calcium, and silica for
EC and reducing the level of TDS for ED. Hence, the results presented in Table 3 reflect
the published data on the ability of the technology to remove contaminants and do not
reflect the technology’s ability to remove all the other contaminants in Table 1. As shown in
Table 3, all three methods (ED, EC, MD) can remove major common contaminants in CWBD
streams such as calcium, magnesium, chloride, and sulphate. TDS, which is considered
one of the crucial contaminants of concern, can be removed by both EC and ED processes.
According to the literature, only EC is reported to remove silica, zinc, and phosphate, and
only MD is reported to remove copper and manganese. Additionally, ED can remove
bromides and fluorine ions from CWBD water. Moreover, sodium and potassium can be
removed using ED and MD, but Fe can be removed only by EC and MD. The removal
efficiency differs for each technology, and it depends on the concentration of the feed and
the operating conditions as reported by the authors of that literature.

Table 3. The contaminants that can be removed by CWBD treatment technologies.

Contaminants
CWBD Treatment Technologies

EC [4] ED [1] MD [37]

Total dissolved Solids
(TDS)

√ √

Calcium (Ca2+)
√ √ √

Magnesium (Mg2+)
√ √ √

Silica (SiO2)
√

Chloride (Cl−)
√ √ √

Zinc (Zn2+)
√

Phosphate (PO4
3−)

√
Iron (Fe2+)

√ √
Sulphate (SO4

2−)
√ √ √

Aluminium (Al3+)
Barium (Ba2+)

Potassium (K+)
√ √

Sodium (Na+)
√ √

Copper (Cu)
√

Strontium (Sr2+)
Bromide (Br−)

√
Fluorine (F)

√
Manganese (Mn2+)

√
Nitrate (NO3−)

The applicability for the treatment of CWBD streams using BSF, RO, NF, and VSEP
technologies has been reported in the literature, even though there is a lack of published
experimental data related to the specific contaminants that can be removed by these
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systems [11,26,47,99]. Reference [77] discussed the fact that the BSF process can be used for
the CWBD effluent treatment, and Ahmed et al. [11] studied the potential for CWBD water
recovery by reverse osmosis, discussing the fouling parameters as well as implemented
various pre-treatment processes ahead of RO. Löwenberg et al. [26] conducted experimental
work to evaluate various pre-treatment processes before applying RO as the final treatment
step for CWBD. For NF and RO, Hossein et al. [47] also studied reusing CWBD after
recovering it by NF or RO processes and investigated various pre-treatment steps to control
fouling problems. As an emerging technology, VSEP technology website [99] reported that
this process could reduce the volume of CWBD stream for either disposal or recycling it
back to the cooling towers on the basis of pilot plant data.

In general, the reviewed technologies can remove a wide range of contaminants from
many water and wastewater streams. For example, RO can remove almost all contaminants
of concern such as TDS, ammonia (as N), iron, lead, nitrate (as N), sulphate, chloride,
phosphate, calcium, magnesium, and others [119,120]. BSF can remove TP, TSS, iron, lead,
zinc, etc. [74]. NF process can remove iron, manganese, calcium, magnesium, fluoride,
sulphate, and more [121]. For VSEP technology, TDS, chloride, sulfate, calcium, magnesium,
fluoride, nitrate, and others can be removed [111].

Conducting a cost analysis is another criterion to evaluate the technologies since
the economic aspect should be justified and viable. Table 4 summarizes the operational
and capital costs of the treatment technologies on the basis of color-coding. EC and
MD technologies have low capital and operating costs, and consequently, lower total
costs. The operating cost of EC process is mainly attributed to the fact that the power
consumption in the form of electricity is high since it is one of the major requirements
for the system to run and remove contaminants. For MD technology, it contains various
designs and configurations for that the cost differs. For example, Air Gap membrane
distillation (AGMD) is considered an effective method compared to others as it has how
operational and maintenance costs. For the capital cost, MD generally has a lower capital
cost than reverse osmosis, and such lower costs make the total cost low. Moving to RO
and VSEP technologies requires high capital and operating costs, hence relatively high
overall total cost. The high operational cost of RO process can be attributed to the fouling
problems that shorten the membrane’s lifetime and requires replacing it; moreover, the RO
process operates at high pressure, which consumes high energy, leading to a higher cost
of operation. For the emerging technology VSEP, the high operational cost is because of
the high energy requirements to generate shear and vibrating the membrane. Subramani
et al. [111] reported out of the conducted study that the consumption of energy by VSEP
process is three times (2.1 kWh/m3) higher than RO process (0.7 kWh/m3), reaching more
than 10 years, all of which contribute to lowering the operational cost [84]. However, ED
has a high capital cost, which makes the total cost at a moderate level. The BSF process has
a higher operational cost than conventional or traditional processes, and this can be said to
be mainly due to the high dosages of chemicals needed for the process [74]. On the other
hand, for the capital cost, BSF requires smaller sedimentation units because it has high
settling rates; additionally, the BSF requires less land size, and hence lower capital cost,
leading to a moderate total cost. For NF, which is another membrane-based technology, the
process operates at low pressure and requires less energy consumption; hence, it has low
operational costs. However, for the capital cost, the implementation of NF technology at
large scales causes the capital cost to be high, which limits NF applications for treatment
purposes in industries and makes the total cost relatively moderate. In the end, the total
cost depends on many factors such as the size of the plant, the concentration of the influent
stream, and the maintenance and energy requirements. Reducing the total cost can be done
by enhancing the treatment technology by using efficient material with low cost and by
utilizing renewable sources of energy instead of a direct source of power.
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Table 4. Cost analysis of CWBD treatment technologies.

EC ED MD BSF RO NF VSEP

Operational cost
Capital cost
Total cost
References [5,122,123] [122,124] [44,125] [74,126] [48,122] [127,128] [129]
Color coding Meaning

Low
Moderate
High

5. Regulations of Wastewater Effluent from Industries

CWBD is considered a wastewater stream discharged from cooling towers into the
marine environment or sewage treatment plants, or reused in applications such as irrigation.
Each of these discharge points has certain regulations and permissible limits for the water
contaminants; the constraints are there to avoid negative and long-term consequences
on the environment and society. Table 5 shows standards regulated by the United States
Environmental Protection Agency (EPA) and some GCC agencies. Each agency’s standards
vary depending on the endpoint or application, and there is a noticeable difference in
limits between agencies for the application. For example, the concentration of the pollutant
by EPA for irrigation purposes differ only slightly from the one regulated by Qatar for
boron, cadmium, cobalt, manganese, and zinc. However, the concentrations of aluminum,
fluoride, iron, and lead are considerably different when both standards are compared. One
major reason behind these differences is attributed to the type of soil; in Qatar, as in many
other GCC countries such as the UAE, the soil is sandy, and this plays a role in trace metal
adsorption and translocation in the soil–plant environment. The accumulation of heavy
metals such as Zn, Cd, Cu, Cr, Fe, and Pb in the soil will be minimal because of the high
infiltration of the sandy soil, deep percolation losses, and high evaporation rate [130].

Discharging the treated wastewater into marine environments as compared to irriga-
tion has more stringent levels for some contaminants such as fluoride, TDS, and sulphate in
addition to the pollutant indicators such as COD. This can be because of the negative direct
impacts of these contaminants on living creatures such as fishes, flora, and fauna [18]. For
other contaminants such as nickel, zinc, chromium, cobalt, and manganese, the standards
for irrigation are more stringent than for the marine environment. This can be attributed
to the fact the levels are already small, and the concentrations of these pollutants will be
further diluted in the marine compared to irrigation. Comparing the standards of both the
UAE and Qatar, one can notice that for some contaminants such as boron, cobalt, nickel,
and zinc, Qatar permits slightly higher concentrations than the UAE and lower concen-
trations for other contaminants such as aluminum, fluoride, and iron. For Oman, almost
all regulated contaminant levels are the same as the UAE, except for cyanide, phosphate,
zinc, and cadmium. In general, GCC countries have comparable limits on contaminants
concentrations. Using diffusers with single or multi ports, and the depth of these diffusers
determines the level of dilution for the discharged pollutants [131]. It is also known that
discharging using diffusers, in general, dilutes the contaminants more and faster compared
to single-point discharges [131]. The noted similarities of regulations between GCC coun-
tries for discharging to marine life can be mainly attributed to the fact that countries have
limited freshwater resources, and protecting the marine environment is of higher priority.
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Discharging the effluent wastewater from industries into sewage treatment plants
is one of the management practices performed by many countries as it can treat various
wastewater streams. However, caution should be taken regarding the concentration of the
contaminants influent to sewage systems because some are designed for certain types of
pollutants and at a specific limited range of concentration, as it may cause various harmful
consequences as previously mentioned in Section 2. In Table 5, it is noted that the standard
concentrations of contaminants influent to sewage treatment plants or sewer systems have
higher tolerance compared to irrigation and marine discharging, especially in terms of TDS
as well as the pollutant indicators such as BOD and COD. This is expected as treatment
plants are designed to handle high concentration of contaminants that cannot be discharged
to natural environments.

Generally, treatment and management of CWBD is necessary, and the suitable options
in terms of treatment depend on desired effluent quality. This quality is dictated by the
endpoint of discharge or treated water application as regulated by standards of the country,
as has been presented and discussed in this work.

6. Conclusions

CWBD is a very concentrated wastewater stream with various types of contaminants that
can affect the entire ecosystem if it is not handled and treated properly. Various processes can
be implemented to treat CWBD stream. Some of these technologies are already established,
such as RO, ED, MD, and BSF, while others are emerging, such as EC, VSEP, and NF. In
terms of choosing the best technology, being green and environmentally friendly are amongst
the key considerations, besides the cost and the treatment performance. On the basis of the
performed evaluation, membrane-based technologies result in high-quality treated water,
but some of them, such as NF and RO, are prone to fouling problems, resulting in higher
maintenance requirements. Additionally, EC and VSEP also produce high-quality permeate;
however, they are energy-intensive processes. BSF is the only process that requires a large
quantity of chemicals as a part of the system. For the most cost-effective technologies, EC
and MD should be considered; ED and NF can also be considered if a pre-treatment step is
available. EC has a high treatment performance (≈99.54% in terms of silica ions) compared to
UF membrane method (reduction of 65% of colloidal silica). For the treatment of contaminants,
ED, MD, and EC processes treat a wide range of contaminants in CWBD. However, for a
fair comparison, further studies should be conducted on the ability of RO, BSF, VSEP, and
NF to treat CWBD contaminants to obtain a more reasonable conclusion. Regarding energy
consumption, both EC~0.18–3.05 kWh/m3 and VSEP~2.1 kWh/m3 technologies have high
energy demand, and this limits their implementation for large-scale applications unless
renewable energy sources are used. When it comes to the recovery and reusing of treated
wastewater or even discharging it to the marine environment, standards and regulations
must be obeyed. Overall, the treatment of CWBD water should be further studied and
considered since research related to this topic is limited. Treatment and reuse of CWBD can
help overcome the water scarcity problem and achieve a more sustainable environment.
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Abbreviations

CWBD Cooling water blowdown
RO Reverse osmosis
ED Electrodialysis
MD Membrane distillation
EC Electrocoagulation
NF Nanofiltration
COD Chemical oxygen demand
BOD Biological oxygen demand
TDS Total dissolved solids
TSS Total suspended solids
BSF Ballasted sand flocculation
VSEP Vibratory shear enhanced membrane process
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Abstract: Impacts on wetlands are becoming more pressing every day. Among them, habitat loss,
overexploitation of aquifers and changes in land use are considered the most important. However, the
impacts linked to wastewater discharges are increasing worldwide. In this context, this study analyses
the impacts of input of wastewater to a Mediterranean Ramsar temporary wetland (Fuente de Piedra,
south of Spain). To this end, systematic sampling was carried out in the Charcón stream which
receives water from a wastewater treatment plant (WWTP) and discharges it into the wetland. The
results showed a slight decrease in the nutrient concentrations, particularly for nitrogen compounds.
Heterotrophic and fecal bacteria concentration, as well as phytoplankton and zooplankton abundance
and biomass, all significantly decreased from the treatment plant to the wetland. When comparing
the effect of this discharge with other similar occurring to the same wetland, it was evident that the
Charcón stream was responsible for a greater impact. At this point, it is relevant to note that the
main difference among both treated wastewater discharges lies in the different water retention time
once the wastewater was released from the WWTP. In fact, we recommend an increase in the water
retention time by building seminatural ponds, together with the use of biofilters, which will notably
contribute to improve the processes of assimilation of nutrients and to decrease the impact generated
in the wetland by this spill.

Keywords: cultural eutrophication; management; seminatural ponds; temporary wetlands; wastewa-
ter; water quality

1. Introduction

Inland freshwater ecosystems are hotspots of biodiversity as they show higher rela-
tive species richness than marine or terrestrial ecosystems [1]. They provide important
ecosystem services, with a global estimated annual economic value of USD 44,000 per
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hectare [2]. In spite of their importance, almost 50% of inland water environments have
been lost during the twentieth century, which makes them one of the most threatened
ecosystems [1]. The global Living Planet Index (LPI) shows that 60% of species have shown
population declines between 1970 and 2014, with freshwater species showing an 83% de-
cline [3]. These authors and others indicate that the biggest drivers of biodiversity decline
are habitat loss, habitat degradation, and overexploitation [4,5]. In this sense, wetlands
biodiversity is mostly affected by changes in land use and eutrophication processes [6–9].
One of the main problems of the discharge of wastewater to aquatic ecosystems is the in-
crease in eutrophication [10], a current problem suffered by wetlands around the world that
cannot be resolved despite the existence of legislation for wetland protection [11]. Cultural
eutrophication can be caused, among others, by (i) changes in the land use of the catchment
area, where farming and the use of fertilizers increase the runoff of nutrient rich water into
the wetlands [8,9], and (ii) the direct spill of urban wastewater into the wetland [12,13].
Attending to the second one, within the EU urban wastewater is supposed to be treated
according to the urban wastewater Council Directive [14]. This requires that wastewater
delivered into sensitive freshwater and estuaries should not be higher than 1 mg·L−1 of
total phosphorus (TP) and 10 mg·L−1 of total nitrogen (TN). Wastewater treatment is a
critical issue in Spain and supervision and improvement of wastewater treatment as well
as reuse are urgently needed [15]. This is especially true for the effluents of the wastewater
treatment plant (WWTP) that spill into sensitive inland waters, such as the Ramsar wet-
lands. When this occurs, the administration tries to find solutions to improve the quality
of the water discharged, as is the case of building artificial wetlands which can decrease
concentration of TP, TN and fecal bacteria [12]. Nevertheless, sometimes the wastewater
is directly discharged in those sensitive wetlands. This is the case of Fuente de Piedra
(south of Spain), a Ramsar wetland that receives the wastewater of two nearby villages,
Fuente de Piedra and Humilladero. From the first one, the wastewater runs through a set
of seminatural ponds constructed during a Life project (LIFE03NAT/E/000055) which im-
proved considerably the water quality of the wastewater before reaching the wetland [12].
However, the wastewater from Humilladero village reaches the wetland directly through a
temporary stream, named Charcón. Thus, the present study is focused on the wastewater
selfdepuration processes that occurs during the transit through the Charcón stream connect-
ing the Humilladero WWTP to the Ramsar wetland. These processes have been evaluated
through the study of a series of biotic and abiotic variables along the stream, which has
allowed us to compare the results with those previously obtained of the discharge from
Fuente de Piedra village to the same wetland [12], with the aim to propose nature-based
facilities in order to achieve Sustainable Urban Water Management [16].

2. Materials and Methods

2.1. Study Area and Sampling Sites

Fuente de Piedra is a Mediterranean temporary endorheic ecosystem [17] located in
Andalusia (southern Spain). It was included in the list of Ramsar sites in 1983, declared
as a Nature Reserve in 1984, and achieved Special Areas of Conservation (SAC) status
in 2013 [18,19]. This ecosystem receives the discharge of three wastewater treatment
plants (WWTP); two from the Fuente de Piedra village [12] and the other one from the
Humilladero village through the Charcón stream, this last being the objective of the present
study (Figure 1). The Humilladero WWTP is composed of two aerobic basins and treat the
wastewater of a population of approximately 3300 people. Data for biochemical oxygen
demand, chemical oxygen demand and suspended solids are available by Andalusian
Administration (Table 1).
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Figure 1. Location of the sampling points (1 to 4) into the Charcón stream, from the Humilladero
WWTP (wastewater treatment plant) to Fuente de Piedra wetland. In this figure is also represented a
manifold that discharges into the Charcón stream from a livestock estate.

Table 1. Characteristics of input and output wastewater from the wastewater treatment plant of
Humilladero. Efficiency (EFF) (data supplied by Junta de Andalucía). BOD5: biochemical oxygen
demand for 5 days (mg·L−1); COD: chemical oxygen demand (mg·L−1); SS: suspended solid (mg·L−1).
Mean values of the year of study (2018) and values obtained from the day closest to the sample in
which data is available.

BOD5 COD SS

Date Input Output EFF Input Output EFF Input Output EFF

Mean 2018 87.4 12.6 71% 252.3 56.2 69% 109.9 59.9 38%
11/06/2018 90 6.4 93% 184 60 67% 92 78 15%

Charcón is a temporary stream that comes from the nearby Sierra de Humilladero
and ends at the Fuente de Piedra wetland. Next to this stream is located the WWTP of
Humilladero. From this treatment plant to the Fuente de Piedra wetland, the stream flows
along 2905 m with an unevenness of 11 m. In this travel, four sampling stations were taken;
the first one (point 1) next to the treatment plant and the last (point 4) at the entrance to the
Fuente de Piedra wetland (Figure 1). The second sampling station (point 2) is located in
an intermediate section of the stream, and the third (point 3) in the entrance to the nature
reserve. In order to know the time required for the effluent to travel from the WWTP to
the Ramsar wetland, the stream was divided in two homogeneous sections, the first with
a length of 1072 m and an average slope of 0.65 cm·m−1, and the second with a length
of 1833 m and an average slope of 0.22 cm·m−1. In both sections the water velocity and
traveling time of the wastewater was measured by the dilution method using tracers [20].
The samplings were carried out in June 2018, working upstream to avoid contamination,
that is, from the Fuente de Piedra wetland (point 4) to the WWTP (point 1).
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2.2. Abiotic Variables

At each sampling point, conductivity (μS·cm−1) and pH were measured with a Hanna
Multiparameter sensor HI 9829 (Hanna Instruments, Woonsocket, RI, USA). Three water
samples for nutrients concentrations were taken into sterile polyethylene vials and im-
mediately frozen (−20 °C). In the laboratory, dissolved inorganic phosphorus (DIP) was
determined by using the molybdenum blue method [21] and TP was measured after the
digestion with potassium persulfate of unfiltered and filtered water (Whatman GF/F), re-
spectively, [22]. Ammonium (NH+

4 ) was measured by phenate method [23], nitrates (NO−
3 )

was analyzed using the ultraviolet spectrophotometric screening method [22] and nitrite
(NO−

2 ) was determined using the sulfanilamide method [23]. Lastly, TN was analyzed by
ultraviolet method of digested unfiltered and filtered water, respectively, [22].

2.3. Biotic Variables

For biotic variables three samples were also taken in the same sampling point for the
evaluation of the biotic variables. Total chlorophyll-a concentration (Chl-a) and phytoplank-
ton composition were estimated with a submersible FluoroProbe (bbeMoldaenke GmbH,
Schwentinental, Germany), which discriminates between four main phytoplankton groups
(i.e., diatoms and dinoflagellates, blue green algae, green algae, and cryptophytes) [24,25].
Abundance of phytoplankton < 20 μm equivalent spherical diameter (ESD), was measured
by passing the sample through a BD Acurri C6 flow cytometer, counting at least 10,000
events. Abundance and size of phytoplankton cells (5 and 100 μm ESD) and zooplankton
(250 and 1000 μm ESD) were analysed with a FlowCAM (Fluid Imaging Technologies, Inc.
Scarborough, ME, USA) using the auto image mode. For phytoplankton, 30 mL of the
sample preserved with formol (4% f.c.) were passed through a 100 μm flow cell and 1 mL
was analysed with a 100-fold magnification (10× objective). For zooplankton, 50 mL of the
samples preserved with formaldehyde (4% f.c.) were passed through a 1000 μm flow cell
and analysed with a 20-fold magnification (2× objective).

The enumeration of heterotrophic cultivable microorganisms was carried out by
adding 0.1 mL of serial dilution of the samples in Tripticase soy agar (Oxoid Ltd., Wade
Road, Basingstoke, UK) plates. The plates were cultured at 22 °C for 48 h (ISO 6222:1999).
Coliforms and fecal streptococci concentrations were determined by water filtration through
sterile nitrocellulose filters (47 mm diameter, 0.45 μm pore size; Millipore Corp., Bedford,
MA, USA). Membranes were incubated in Chromocult coliform agar (Merck, Darmstadt,
Germany) at 37 °C, 24 h for the determination of total coliforms and Escherichia coli (ISO
9308-1:2000), or in m-Enterococcus agar (Merck) at 37 °C, 48 h for the determination of fecal
streptococci (ISO 7899-2:2001). After incubation, colonies were counted on each medium,
and concentrations of the different groups of microorganisms were determined.

For the identification of the fecal streptococci species, isolates were identified to species
level by the amplification and sequentiation of a fragment of 16S rDNA. The Thermo
ScientificGeneJET Genomic DNA Purification Kit (Thermo Fisher Scientific, Waltham, MA,
USA) was used for the extraction of total genomic DNA from bacteria. Afterward, this
fragment was amplified using the universal primers SD-Bact-0008-a-S20 (5′ AGA GTT
TGA TCC TGG CTC AG 3′) and SD-Bact-1492-a-A-19 (5′ GGT TAC CTT GTT ACG ACT
T 3′) [26]. Polymerase chain reactions were carried out in a 50 μL reaction mixture that
included 5 pmol of each primer, 0.2 mM dNTPs mix, 10x DreamTaq Buffer, 2 mM MgCl2,
1.25 U DreamTaq DNA Polymerase (Thermo Fisher Scientific, Waltham, MA, USA) and
1 μL of colony DNA (100 ng/μL). The PCR profile was as follows: 2 min at 95 ◦C and
35 cycles of 30 s at 95 ◦C, 40 s at 52 ◦C and 1.3 min at 72 ◦C and a final step 5 min at
72 ◦C. Polymerase chain reaction products were electrophoresed on a 1% agarose gel and
visualized via ultraviolet transilumination. PCR products were sequenced by Macrogen
Spain (Madrid, Spain). The resulting sequences were compared with those in the GenBank
database (www.ncbi.nlm.nih.gov/genbank/ accessed on 16 March 2021) by using the
BLAST program (www.ncbi.nlm.nih.gov/blast accessed on 16 March 2021). Finally, water
acute toxicity test was carried out by modification of method described by Johnson [27]
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using the bioluminescent bacteria Vibrio fischeri and the Microtox® M500 test (Microbics
Corporation, Carlsbad, CA, USA). Microtox test is widely used for the toxicity assessment
of environmental samples and is based on the measurement of V. fischeri bioluminescence
inhibition after sample exposure at various contact times [28]. Cuvettes with 1 mL of
each water sample (without dilute, or diluted at 1/50 and 1/100 in 2% saline solution)
were maintained at 15 °C. V. fischeri growth for 24 h in TSA with 2% of NaCl (TSAs), was
suspended in 2% saline solution at 0.6 of optical density (600 nm) and maintained at 5 ◦C
prior use. Then, the cuvettes with the water samples and controls were inoculated with
20 μL of the V. fischeri suspension. The samples were incubated at 15 ◦C for 15 and 45 min.
After incubation, bioluminescence of V. fischeri in each cuvette was measured by Microtox
luminometer. Bioluminescence in each sample was relativized with bioluminescence in
control cuvettes, obtaining a percent decrease of bioluminescence. The inhibition of the
luminescence was assumed to be correlated with the toxicity of the samples. The percent
reduction in bioluminescence of V. fischeri produced by the samples were recorded as
median effective concentration (EC50) values.

2.4. Statistical Analysis

Residual normality (Shapiro–Wilk test) and homogeneity of variances (Levene test)
were checked before performing the statistical analysis of the data. Differences in pH,
TN, Chl-a, phytoplankton composition and phytoplankton 1–20 μm abundance between
sampling stations were tested by using one-way ANOVA test, followed by Bonferroni’s
post hoc test. Since all other variables did not satisfy homoscedasticity assumptions (Levene
test, p < 0.05) or normality distribution (Shapiro–Wilk test, p < 0.05), Kruskal–Wallis and
post hoc Dunn’s test with Bonferroni adjustment were carried out to test the differences
between sampling stations. To perform this statistical analysis, the Statistica 7.1 software
(StatSoft Inc., Tulsa, OK, USA) was used.

3. Results

3.1. Abiotic Variables

Results obtained shown significant conductivity differences (Table 2) from point 1 to
point 4 (Kruskal–Wallis test, p < 0.001) with a significant increase among point 1 and points
3 and 4, and among point 2 and point 4 (Dunn–Bonferroni post hoc, p < 0.05). The pH in
contrast decreased significantly (Table 2) from the wastewater treatment plant spill (point 1)
to the Ramsar inflow at point 4 (one-way ANOVA, p < 0.001) with a significant decrease in
each sampling point (Bonferroni post hoc, p < 0.001).

Table 2. Conductivity (Cond.) and pH measured at the four sampling points in the Charcón stream.
Kruskal–Wallis test Median (25, 75 percentiles) and one way ANOVA (mean ± standard deviation)
Different letters show significant differences between sampling points (mean ± standard deviation).

Abiotic Variables Point 1 Point 2 Point 3 Point 4

Cond. (μS·cm−1) 2549 (2545; 2569) a 2585 (2579; 2585) ab 2657 (2657; 2656) bc 2668 (2686; 2688) c

pH 8.12 ± 0.03 a 7.72 ± 0.02 b 7.63 ± 0.03 c 7.36 ± 0.01 d

The time required for the effluent to travel the total length of the stream from the
WWTP to the Ramsar wetland was aproximately 9.5 h. In this time, TP and TN decreased
from the spilling point (point 1) to the Ramsar inflow point (point 4, Table 3) by 12%
and 30% respectively. However, these decreases were not significant (Kruskal–Wallis test
and one-way ANOVA, respectively, p > 0.05). Similarly, nitrogen dissolved compounds
decreased in general, while the phosphorus compounds increased (Table 3). These changes
in dissolved nutrients were significant for DIP (Kruskal–Wallis test, p < 0.05), among point
1 and point 4 (Dunn–Bonferroni post hoc, p < 0.05). Regarding to the nitrogen forms, there
were not significant differences for NO−

3 and a significant decrease was found for NO−
2

and NH+
4 (Kruskal–Wallis test, p < 0.05). Concerning NO−

3 concentration, it significantly
changed among points 3 and 4 (Dunn–Bonferroni post hoc, p < 0.05). In addition, NO−

2
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showed significant differences among the sampling points 2 in comparison to points 4
(Dunn–Bonferroni post hoc, p < 0.005), while NH+

4 showed a significant decrease among
point 1 and point 4 (Dunn–Bonferroni post hoc, p < 0.05).

Table 3. Nutrient concentrations measured in the sampling points in the Charcón stream. Kruskal–
Wallis test Median (25, 75 percentiles) and one way ANOVA (mean ± standard deviation). Different
letters show significant differences between sampling points.

Nutrient Concentration (mg·L−1) Point 1 Point 2

Dissolved Inorganic Phosphorus 0.70 (0.68; 0.70) a 0.75 (0.68; 0.76) ab

Total Phosphorus 1.45 (1.42; 1.66) a 1.44 (1.41; 1.47) ab

Nitrates 0.56 (0.56; 0.57) ab 0.47 (0.45; 0.50) ab

Nitrites 0.51 (0.48; 0.59) ab 0.55 (0.54; 0.55) a

Ammonium 10.92 (9.97; 13.6) a 9.27 (9.18; 9.92) ab

Total Nitrogen 15.48 ± 1.56 a 13.92 ± 2.63 a

Nutrient Concentration (mg·L−1) Point 3 Point 4

Dissolved Inorganic Phosphorus 0.86 (0.82; 0.87) ab 1.04 (0.97; 1.04) b

Total Phosphorus 1.48 (1.47; 1.54) a 1.34 (1.30; 1.36) a

Nitrates 1.14 (1.12; 1.17) a 0.10 (0.09; 0.13) b

Nitrites 0.16 (0.16; 0.16) ab 0.02 (0.02; 0.02) b

Ammonium 8.55 (8.50; 8.64) ab 7.68 (6.61; 8.22) b

Total Nitrogen 10.53 ± 2.86 a 10.16 ± 2.73 a

3.2. Biotic Variables

Chl-a concentration (Figure 2a) decreased significantly from point 1 to point 4 (one-
way ANOVA, p < 0.05); although, this decrease was not uniform since a slight increase was
observed in point 2. The differences of the successive sampling stations were significant as
well as among all the sampling points (Dunn–Bonferroni post hoc, p < 0.001). Regarding
the phytoplankton groups (Figure 2a), significant changes were also observed (one-way
ANOVA, p < 0.05). Green algae showed similar Chl-a concentration at point 1 and point 2
and decreased significantly at point 3, reaching the lowest concentration at point 4 (Dunn–
Bonferroni post hoc, p < 0.001). The Chl-a concentration of blue green algae increased
significantly from point 1 to point 2 and decreased significantly to point 3 and point 4
(Bonferroni post hoc, p < 0.001). Similarly, diatoms and dinoflagellates Chl-a concentration
increased significantly from point 1 to point 2 and decreased significantly from point
3 to point 4 (Bonferroni post hoc, p < 0.05). The Chl-a concentration of cryptomonads
showed the lowest concentrations of the four groups and was similar at the first three
sampling points, decreasing significantly at sampling point 4 (Bonferroni post hoc, p <
0.05). Phytoplankton abundance for 1–20 μm ESD showed significant differences (one-way
ANOVA, p < 0.05), with similar abundances at sampling points 1 and 2, and a significant
decrease from point 2 to the half at sampling point 3 and from point 3 to the lowest
abundance at sampling point 4 (Bonferroni post hoc, p < 0.001). Concerning biovolume
of phytoplankton 5–100 μm ESD, significant differences among the sampling points were
detected (Kruskal–Wallis test, p < 0.05), but it was not possible to determine which sampling
stations were significant different (Dunn–Bonferroni post hoc, p > 0.05) (Figure 2b). Finally,
although a decrease in zooplankton biovolume, can be observed from point 1 to point 2
(Figure 2b) and there were detected significant differences among the sampling points
(Kruskal–Wallis test, p < 0.05), the post hoc analysis was not able to determine these
differences (Dunn–Bonferroni post hoc, p > 0.05).
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Figure 2. (a) Chl-a concentration (stacked mean) of the four phytoplankton groups, and abundance of
phytoplankton < 20 μm in the four sampling stations at the Charcón stream. Capital letters indicates
significant differences between total Chl-a concentration and lowercase letter indicates significant
differences of the respective phytoplanktonic groups among the sampling points. (b) Biovolume of
phytoplankton (5–100 μm ESD) and zooplankton (250–1000 μm) in the four sampling stations at the
Charcón stream. The horizontal continuous line indicates the median and dotted line the mean.

Significant differences were tested in microorganism (Figure 3) by Kruskal–Wallis test
(p < 0.05). A progressive and significant decrease in the concentration of heterotrophic
bacteria was seen between points 1 and 4 (Dunn–Bonferroni post hoc, p < 0.05). In the
case of total coliforms, no significant differences were observed among any point (Kruskal–
Wallis test, p > 0.05), while E. coli showed a significant decrease in their titer from point 2 to
point 4 (Dunn–Bonferroni post hoc, p < 0.05). In the case of fecal streptococci, concentration
values showed a significant peak at point 2 (Dunn–Bonferroni post hoc, p < 0.05). At point 4
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fecal streptococci concentrations were between the values reached at point 1 and point 3.
Finally, the E. coli/fecal streptococci ratio showed a progressive decrease in its values from
point 1 to 4 that was significant among point 3 and point 4 (Dunn–Bonferroni post hoc,
p < 0.05).

A total of 24 strains were isolated from m-Enterococcus agar for their identification.
The 25% were identified as Enterococcus hirae and the 16.7% as E. faecium. The rest were
identified as E. mundtii, E. haemoperoxidus, E. plantarum and Bacterium BEL B14 (each of
them at 8.3%). Furthermore, a strain of E. casseliflavus, E. durans and 4 strains of Enterococcus
sp. were isolated. The water acute toxicity assessment showed no decrease in V. fischeri
bioluminescence, regardless of the dilution used or the incubation time; thus, indicating
absence of toxicity. Furthermore, a significant activation of bioluminescence compared to
control was detected in the samples at dilution 1:50 (data not shown).

Figure 3. Bacterial concentration measured in all the sampling points in the Charcón stream.
(a) Heterotrophic bacteria growth at 22 °C and total coliforms (cfu mL−1). (b) E. coli and fecal
streptococci (cfu 100 mL−1). (c) Ratio E. coli/fecal streptococci. The horizontal continuous line
indicates the median and dotted line the mean. Different letters show significant differences between
sampling points into each bacterial group.
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4. Discussion

Impacts on wetlands due to wastewater discharges are increasing worldwide and
becoming a real problem that has been not resolved yet, despite legislation for the pro-
tection of wetlands [11]. In this study, we analyze the effect of a direct discharge of
wastewater from a village located in the watershed of the Fuente de Piedra Ramsar site
through a stream named Charcón. The results show that in general, along the Charcón
stream, the measured environmental variables show few significant changes downstream
of the discharge. In fact, the main variables related to the cultural eutrophication of aquatic
ecosystems (TN and TP) show similar values at the outlet of the wastewater treatment plant
and at the in-put to the wetland. Only significant changes in NO−

3 due to their decrease at
input to the wetland as well as a significant increase in DIP and significant decreases in
nitrite and ammonia concentrations were observed. Attending to the biological variables,
a decrease in Chl-a concentration, abundance and biovolume of the phytoplankton and
zooplankton community and in the abundance of indicator microorganisms is observed.
Comparing these results with those obtained in another of the discharges that pours into
the same wetland [12], it is observed that the differences are important. The water coming
out the WWTP, travels the 2905 m transect from the spill to the Ramsar wetland in less
than 10 h. This is a very short time for self-depuration process through the stream in
comparison to those observed with the use of constructed wetlands [12] and it is unsurpris-
ing that few variables showed downstream changes in our studies. In this sense, Søballe
and Kimmel [29] separates the ecological structure and function of natural rivers, river
impoundments, and natural lakes, where natural lakes and river are in opposite extremes.
According to these authors, algal abundance per unit of P is lower in rivers than in im-
poundments and lakes as long as residence time are different. The authors conclude that
residence time is a useful system–level index and it has similar ecological implication for
rivers, lakes and reservoirs. This explains why, due to longer residence time, effective P and
N reduction by biological processes were observed in the adjacent pond system coupled to
the wastewater plant of Fuente de Piedra village [12] in comparison to the low nutrient
reduction observed in this study in the Charcón stream, with a lower residence time.

Indicator microorganisms are used to assess the effectiveness of water and wastewater
treatment processes [30]. These microorganisms are decisive to determine the degree of
fecal pollution and the load of organic matter of the water. According to data from the
Andalusian administration (Table 2), the treated wastewater discharged into the Charcón
stream has a load of suspended solids above the reference levels of the European Directive
91/271/EC [14] (EC 1991). BOD5 and COD values are also high, although within the
limits of such legislation. Thus, it is reasonable that indicators microorganisms of fecal
contamination can still be isolated in the outflow water (point 1). High heterotrophic and
fecal concentration bacteria (coliforms and fecal enterococci) are observed at the spill to
the Charcón stream. Strong positive correlations between Chl-a and bacterial production
rates suggest that bacteria are mainly controlled by organic substrates released during
phytoplankton photosynthesis [31]. Total coliforms decrease no significantly along the
Charcón stream, while mesophilic heterotrophs and E. coli decrease from points 1 and 2 to
point 4. On the other hand, an increase in the bacterial concentration occurs at sampling
point 2, being 42 times higher in the case of fecal streptococci. This significant increase in
fecal bacteria at sampling point 2 could be due to livestock estate spill released into the
Charcón stream between sampling point 1 and sampling point 2 (Figure 4). After this spill,
and following our previous interpretation, from point 2 to point 4 the concentration of fecal
bacteria decreases progressively. At the Ramsar inflow, the water shows a concentration
of fecal microorganisms suitable for bathing, according to Spanish regulations [32]. These
results show that the Charcón stream, unlike what happens with the concentration of
nutrients, acts as an efficient natural purification system in relation to microorganisms.
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Figure 4. WWTP, Charcón stream, livestock estate spill (inlet) and proposed seminatural ponds
system along the Charcón stream.

Wastewater can contain indefinite toxic substances, therefore toxicity tests have to
be performed for an integrated evaluation of the environmental impact of contaminants.
The toxicity analyses have not shown a decrease in bioluminescence in the different treat-
ments. However, an activation of bioluminescence with respect to controls has been
observed, possibly due to the existence of nutrients in the water [33]. It can be concluded
that the waters do not have environmental toxic substances in enough concentration as
to generate an acute toxic action. Cultural eutrophication is greatly affecting the structure
and function of Mediterranean wetlands [34–36]. These ecosystems have been considered
as “hotspot” sites for biogeochemical processes [37] due to their intrinsic characteristics.
In the case of Fuente de Piedra, an endorheic wetland, it is needed to reduce the entrance
of nutrients. This has been efficiently achieved in the other discharge that this wetland
receives thanks to seminatural ponds, which increase the residence time of the wastewa-
ter [12]. Therefore, in a similar way, it is proposed a system with three seminatural ponds
along the Charcón stream, with an area of 21,048 m2, 63,549 m2 and 15,250 m2, respectively,
(Figure 4). If the mean depth of the ponds were 1.5 m, 1.0 m and 0.5 m, respectively,
the first pond would have 31,572 m3, the second pond 63,549 m3 and the third pond 7625
m3. With a mean flow of 15 m3·h−1, the residence time in the first, second and third pond
would be 88, 177 and 21 days, respectively. These values are higher than those calculated
for the seminatural ponds system in the other spill of the adjacent Fuente de Piedra WWTP
(65–85 days for the whole pond system) [12]. The site for the first proposed pond is located
in an uncultivated area adjacent to a new road (Figure 4). The second proposed pond
would be located near to the sampling point 2, where highest bacteria concentration was
observed, and downstream of the possible agricultural discharge. In this place is located
a temporary wetland disappeared due to the action of a drainage; therefore, in order to
recover or restore this wetland, the installation of this pond would be more feasible than
that of any other (Figure 4). Finally, the third pond would be located in the Ramsar area,
immediately above the wetland. This pond would further enhance water remediation and
might facilitate further benefits the Ramsar wetland. In this pond it would be suitable
to use helophytic vegetation that plays an excellent role in Mediterranean wastewater

172



Sustainability 2021, 13, 3540

purification [38]. The construction of two new ponds and the recovery of a temporary
pond will contribute to increasing biodiversity in the study area. In addition, this action
will reduce the tourist pressure suffered by the Interpretation Center of the Nature Reserve
since visitors, mostly ornithologists, will have more wetlands for bird watching. Further-
more, the presence of a greater number of ponds around the Ramsar wetland will lead
to an increase in the environmental heterogeneity, in terms of hydroperiod and salinity,
a fundamental aspect since the stability and recovery of some ecosystems depends to some
extent on environmental heterogeneity [39]. In addition, this increase in the heterogeneity
of the environment will mean an enrichment in the number of species present and also the
conservation of numerous species that follow a metapopulation-metacommunity dynamic,
as the plankton community [40,41].

Finally, and attending to the restoration of eutrophicated systems, other methods
could also be used. Between them, one of the most promising methods is the application
of magnetic particles (MPs) for removing P from aquatic ecosystems. MPs have shown a
high P removal efficiency in synthetic, natural and wastewaters, see among others, [42–44].
P loaded MPs can be recovered and washed, allowing MPs reuse [42] which reduces the
cost of this method. Álvarez-Manzaneda et al. [44] have estimated a final cost of EUR
6601 for the application of MPs (reused four times) in the seminatural pond located in the
wastewater spill from Fuente de Piedra village. This cost would be similar to Phoslock®,
that has the disadvantage of not being able to recover the P from the system which may
be used to make fertilizers, facing the problem of P reserves exhaustion. For all this,
the combination of seminatural ponds and application of MPs along the Charcón stream
could provide a solution for the release of wastewater by the WWTP in Andalusia.

5. Conclusions

The short residence time of the wastewater in the Charcón stream (<10 h) does not
allow an efficient self-depuration process. Therefore, little reduction of TP and TN occurs
during the time that the wastewater reaches the Ramsar site. Although no toxic effect has
been observed in the water and the concentration of bacteria decreased along the stream,
a better purification of the discharge from the wastewater treatment plant is necessary to
avoid cultural eutrophication. A combination of bioremediation by increasing the residence
time through building seminatural ponds, introducing biofilters with more vegetation such
as Phragmites australis [45], Typha latifolia [46], Lemna minor and Azolla filiculoides [47], as well
as techniques to absorb phosphate by MPs, should be urgently applied to the wastewater
spill of the Charcón stream. For this, as a first step, a set of semi-natural ponds system is
proposed to be built along the Charcón stream.
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