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Preface to ”New Advances in Soil Pollution and

Remediation”

Soil pollution has been identified as a global environmental issue, posing potential risks

for soil ecosystems, food security, and human health. Recently, the Global Assessment of Soil

Pollution report, jointly issued by FAO and UNEP, has drawn our attention to this topic again.

As the report points out, “Soil pollution hampers the achievement of Sustainable Development

Goals (SDGs), including achieving zero hunger, ending poverty, ensuring healthy lives and human

well-being, halting and reversing land degradation and biodiversity loss, and making cities safe

and resilient.” Therefore, effective soil remediation technologies, including physical, chemical, and

biological approaches, are required to make polluted soils safer for humans and other organisms. In

addition to traditional pollutants, such as heavy metals and persistent organic pollutants, soils are

also being contaminated by emerging contaminants, such as microplastics, nanoparticles, antibiotics,

and antibiotic resistance genes. Due to their emerging state, little information is available on the

occurrence and contamination status of these emerging contaminants in the soil environment, which

need to be urgently investigated. Meanwhile, soil contamination by these contaminants calls for more

novel and effective soil remediation techniques.

This book focuses on new advances in soil pollution due to both traditional and emerging

contaminants as well as novel and green remediation technologies. A total of ten manuscripts are

presented, six reporting on the occurrence, environmental behaviors, and risks of contaminants and

the other four focusing on techniques for the remediation of polluted soils. A list of contaminants

are targeted, including toxic metal(loid)s (e.g., Pb, As, Sb, and multi-metals), organic contaminants

(e.g., organochlorine pesticides, phenanthrene, and petroleum), and antibiotics (e.g., sulfadiazine).

Special focus is given to the remediation of polluted soils using new materials. These new findings

can provide insights for researchers, technicians, teachers, and students in environmental science and

technology in addition to helpful suggestions for policy-makers and environmental managers.

These studies were accomplished by a total of 71 researchers from 21 universities or research

institutes in China. This fact reflects the significant progress in research on soil pollution and

remediation in China as well as its future potential. The efforts and contributions of these Chinese

researchers are commendable. Nevertheless, we call for more work from researchers in various

countries, particularly those facing similar environmental issues. We have only one Earth, and we

encourage all efforts aimed at its preservation from the global scientific community.

Finally, we would like to thank all the authors who shared with us their findings, and all the

reviewers who provided constructive comments on the manuscripts included in this book. We also

thank MDPI and the Editorial Staff for their professional support in the successful publication of this

book.

Fayuan Wang, Liping Li, Lanfang Han, and Aiju Liu

Editors
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Soil is the most important resource for plant growth and human survival, supporting
agricultural production and human habitation. However, due to unreasonable anthro-
pogenic activities, soil receives a large amount of hazardous and toxic materials, including
common contaminants such as toxic metal(loid)s and organic contaminants, and emerging
contaminants with uncertain hazards and toxicity, posing potential risks for the soil ecosys-
tems, food security, and human health. Thus, it is of great importance to recognize the
environmental behaviors and fate of contaminants, and to improve remediation techniques.
However, the environmental behaviors of contaminants have high complexity and spatial
heterogeneity in soil environments. It is really challenging to illustrate soil pollution pro-
cesses and to successfully remediate polluted soil. In particular, highly efficient, low-cost,
and environmentally friendly soil remediation techniques need to be developed urgently.

In this Special Issue (SI), new advances in soil pollution and remediation were reported.
Ten papers were published, six ones reporting the occurrence, environmental behaviors,
and risks of contaminants, and the other four focusing on the remediation techniques
of polluted soils. A series of contaminants were targeted, including toxic metal(loid)s
(e.g., Pb, As, Sb, and multi-metals), organic contaminants (e.g., organochlorine pesticides,
phenanthrene (PHe), and petroleum), and antibiotics (e.g., sulfadiazine). Both single and
combined pollution scenarios were involved. Below, we summarized the main findings of
these studies.

Non-ferrous metal mining and smelting is one of the main sources of heavy metal
pollution in the environment. Because of the co-existence of trace elements in the mining
ore, non-ferrous metal mining and smelting often results in the accumulation of multiple
heavy metals in the soil. It is necessary to identify the sources of different metals. For
sources with different Pb isotopic fingerprints, the Pb isotopic ratios of the sample and end
member materials (such as ore and unpolluted soil) can be used for source apportionment
of the Pb in the soil samples. Tang et al. [1] investigated the distribution of Cu, Pb, Zn,
Cr, Ni, Cd, As, and Hg in soils and sediments near former gold mines in Beijing and Pb
source apportionment with sample Pb isotopic information. They found that Cd and Pb
had the greatest pollution indexes (as contamination factor in this paper) among all the
metals. The results highlight the need for reasonable management of such deserted sites
with high heavy metal accumulation. Cai and Li [2] studied the potential ecological risk,
source, and input flux of heavy metals in the Hebei plain of northern China, and detected
the accumulation of As, Cu, Cd, and Zn. With the input flux calculation, atmospheric dry
and wet deposition were interestingly found to contribute more to soil pollution than the
usage of fertilizer or irrigation water. Their results provide valuable data for controlling
and remedying heavy metals polluted with agricultural soils.

Int. J. Environ. Res. Public Health 2022, 19, 10164. https://doi.org/10.3390/ijerph191610164 https://www.mdpi.com/journal/ijerph
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Differently, Chen et al. [3] investigated the occurrences of organochlorine pesticides
(OCPs) in karst soil by analyzing 25 OCPs in the karst soils near the Three Gorges Dam,
China. In this karst area, p,p’-DDT and mirex were the most abundant OCPs, with different
concentrations in spatial distribution as the land use type and the water transport. These
OCPs were mainly derived from current agrochemical use and current veterinary use in the
study area. OCPs are among typical persistent organic pollutants (POPs) with high toxicity.
More attention should be paid to the issues of their illegal uses and bioaccumulation via
the food chain.

Arsenic is one of the most toxic and widespread metalloids in the natural environ-
ment, which was targeted by two studies in this SI. Yin et al. [4] analyzed the effects of
microorganisms, low-molecular-weight organic acid salts, and phosphates on the migration
of As in unrestored and nano zero-valent iron (nZVI)-restored soil. They showed that
microorganisms suppressed As release in both unrestored and restored soil. Meng et al. [5]
explored As stress-induced response of three leafy vegetables, i.e., garland chrysanthemum
(Chrysanthemum coronarium L.), spinach (Spinacia oleracea L.), and lettuce (Lactuca sativa L.),
and found that the high tolerance of garland chrysanthemum was mainly ascribed to the
low transport of As from the roots to the shoots, the high activity of antioxidant enzymes
(superoxide dismutase, glutathione peroxidase, and catalase), and the abundant phytochelatins
in the roots.

Antibiotics are identified as an emerging contaminant. The co-existence of antibiotics
with heavy metals in the soil environment is attracting increasing attention. Xu et al. [6]
investigated the adsorption behavior of sulfadiazine (SDZ) in paddy soils, and found that
the changes in soil pH and ion concentration decreased the adsorption of SDZ on soil
components, while dissolved organic carbon (DOC) facilitated the adsorption of SDZ in
paddy soils, but the effect of co-existent Cu2+ was greatly dependent on the type of soil
components. Their results confirmed that complexation may not be the only form of Cu2+

and SDZ co-adsorption in paddy soils.
This SI also brings some exciting advances in soil remediation. Biochar is a promising

amendment used for the remediation of soils polluted with heavy metals and organic
contaminants. Li et al. [7] reported the simultaneous stabilization/solidification of heavy
metals and PHe by β-cyclodextrin-modified biochar. This functional material has abundant
oxygen-containing functional groups on the surface and a porous structure with a large
specific surface area, thus greatly increasing the retention of Cd, Cr, Cu, Pb, and PHe in
soil. Lin et al. [8] reported an environmentally friendly soil remediation method with
biochar/graphite carbon nitride (BC/g-C3N4), and indicated its technical feasibility of
remediating petroleum-contaminated soil. BC/g-C3N4 facilitated the degradation by
reducing recombination and better electron–hole pair separation. After treatment with
BC/g-C3N4, the removal rates of nC13-nC35 were above 90% in the contaminated soil. In
sum, the BC/g-C3N4 composites can effectively remedy organic contaminated soil.

In recent years, Sb pollution in the soil environment is drawing more attention. For
the immobilization of Sb in polluted soils, a dilemma is that Sb existed as anions, while co-
existing Cd and Pb ions are positively charged; thus, when a positively charged amendment
can immobilize Sb in soil, it can also increase the availability and mobility of cationic
contaminants in the soil. Thus, methods which can reduce the availability of both cations
and anions are needed for Sb-contaminated soils. For this purpose, a combination of
different additives may be an ideal choice. Wang et al. [9] studied the immobilization of Sb,
Cu, and Zn with FeSO4 + Al(OH)3, and found that 5% FeSO4 + 4% Al(OH)3 was effective
for the stabilization of Sb and co-occurring metals. However, for practical purposes, these
dosages are still too high. In addition to the high cost, a high dosage of amendments
may alter soil properties (such as texture, soil permeability, and phyto-availability of
microelements), causing unexpected ecological risks for soil biota and plants.

A comprehensive evaluation of soil remediation technologies is of critical importance
to the optimization and selection of proper technology for contaminated sites. Thermal des-
orption is an effective method to remediate sites contaminated with organic contaminants.
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Li et al. [10] developed a methodology to comprehensively evaluate three ex situ thermal
desorption processes. The evaluation indicators included 20 qualitative and quantitative
indicators covering technical, environmental, resource, economic, and social aspects. Their
study provides a novel evaluation approach for the application of soil remediation technol-
ogy. However, the applicability of this method needs to be verified in more case studies.

Due to their complexity of the soil environment, many contaminants are difficult to
remove or degrade readily. Current techniques based on physical, chemical, and biological
principles have some disadvantages, e.g., high price, environment unfriendliness, sec-
ondary pollution, and long processing time. While optimizing traditional techniques, new
remediation materials and techniques should be developed. In addition, diverse emerging
contaminants have been observed in the soil environment, including agricultural ecosys-
tems [11,12]. However, their occurrence, environmental behaviors, fate, ecotoxicology, and
potential risks are yet to be fully recognized, not to mention the remediation technology
for their removal. Thus, we call for more efforts on emerging contaminants in the soil,
particularly developing effective remediation techniques.

Author Contributions: Writing—original draft, L.L., L.H., A.L. and F.W.; Writing—review and
editing, L.L., L.H., A.L. and F.W. All authors have read and agreed to the published version of
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Abstract: Lead (Pb) isotopes have been widely used to identify and quantify Pb contamination in the
environment. Here, the Pb isotopes, as well as the current contamination levels of Cu, Pb, Zn, Cr, Ni,
Cd, As, and Hg, were investigated in soil and sediment from the historical gold mining area upstream
of Miyun Reservoir, Beijing, China. The sediment had higher 206Pb/207Pb ratios (1.137 ± 0.0111) than
unpolluted soil did (1.167 ± 0.0029), while the soil samples inside the mining area were much more
variable (1.121 ± 0.0175). The mean concentrations (soil/sediment in mg·kg−1) of Pb (2470/42.5),
Zn (181/113), Cu (199/36.7), Cr (117/68.8), Ni (40.4/28.9), Cd (0.791/0.336), As (8.52/5.10), and Hg
(0.168/0.000343) characterized the soil/sediment of the studied area with mean Igeo values of the
potentially toxic element (PTE) ranging from −4.71 to 9.59 for soil and from −3.39 to 2.43 for sediment.
Meanwhile, principal component analysis (PCA) and hierarchical cluster analysis (HCA) coupled
with Pearson’s correlation coefficient among PTEs indicated that the major source of the Cu, Zn, Pb,
and Cd contamination was likely the mining activities. Evidence from Pb isotopic fingerprinting
and a binary mixing model further confirmed that Pb contamination in soil and sediment came
from mixed sources that are dominated by mining activity. These results highlight the persistence of
PTE contamination in the historical mining site and the usefulness of Pb isotopes combined with
multivariate statistical analysis to quantify contamination from mining activities.

Keywords: miyun reservoir; pollution assessment; binary mixing model; source appointment

1. Introduction

In the past few decades, potentially toxic element (PTE) contaminations from mining
activities have become a serious global environmental problem [1–4]. Mining activity
constitutes prominent sources of toxic, corrosive, radioactive, or nonradioactive metal
contaminants from ore, smelting, mineral dressing, and the erosion of mine tailings [5].
Both historical and ongoing mining activities have a nonnegligible impact on the sur-
rounding environment, resulting in significant increases in PTE loads in both aquatic and
terrestrial ecosystems [6]. The release of large amounts of mine wastes from mining and
transportation, acid mine drainage (AMD) from ore mineral dressing, and fly ash, as well
as particulate matter, from metal smelting and coal combustion all potentially lead to
significant increases in PTE loads in the surrounding environment. Previous works have
found strong evidence of PTE contamination in the soils, water, sediments, atmosphere,

Int. J. Environ. Res. Public Health 2021, 18, 10925. https://doi.org/10.3390/ijerph182010925 https://www.mdpi.com/journal/ijerph
5



Int. J. Environ. Res. Public Health 2021, 18, 10925

and biota in proximity to mining activities [2,7–10]. Identifying anthropogenic sources of
PTEs and the apportionment of the contributions of anthropogenic and natural sources has
caused significant concern because it is of crucial importance to preventing and controlling
PTE contamination [11,12]. Although the contamination of the surrounding environment
by PTEs from mining activities has been extensively studied and highlighted, source inter-
pretation of mining-impacted areas remains challenging, especially in historical small-scale
polymetallic mining sites [2].

Multivariate statistical analysis is a traditional and useful tool to identify potential
factors that may indicate or hint to sources of PTE concentration and to explore similari-
ties and hidden patterns among the sample [13,14]. Principal component analysis (PCA)
and cluster analysis (CA) are common widely used techniques and are often combined
to identify the potential sources of PTEs in soils and sediments [15]. The multivariable
statistics analysis of PTE concentration provides vital information on the interrelationships
of elements. However, its source identification and apportionment usually rely strongly on
statistical approaches, which have required large databases and sophisticated statistics [16].
Pb isotope fingerprinting has shown great advantages in the identification and quantifica-
tion of various sources in environmental studies [17,18]. The four natural Pb stable isotopes
(204Pb, 206Pb, 207Pb, and 208Pb) in natural or anthropogenic origin sources (e.g., ore deposits,
coal, and leaded gasoline) typically have their unique signatures and result in the distin-
guishable Pb isotope ratio [13,16,19]. No significant Pb isotopic fractionation occurs during
natural and anthropogenic processes, implying that the final Pb isotopic composition in the
environment reflects only the original source of Pb or a mixture of multiple sources, thus
allowing us to evaluate the contributions from the different Pb sources [16,19–21]. Studies
are increasingly using Pb isotope fingerprinting to trace the anthropogenic Pb sources
in sediments, soils, coal fly ash, aerosols, and other environment archives [11,12,22–25].
Recently, Pb isotopes have been employed to trace sources of gold deposits [26].

Miyun Reservoir (40◦31′ N, 116◦51′ E) is the largest reservoir and the primary surface
drinking water source for Beijing with a population exceeding 20 million [27,28]. It has
a storage capacity of 438 GL. Bai and Chao River are the leading natural replenishments
of Miyun Reservoir that contribute mean flows of 111 GL yr−1 and 203 GL yr−1, respec-
tively [29]. Historically, long-term small-scale metal (gold, iron, copper, etc.) mining and
smelting activities have had a nonnegligible impact on the environment surrounding the
Miyun Reservoir [27]. Since 2005, numerous small-scale metal mine sites have been closed
in this area. However, mine waste from mining operations is still deposited in abandoned
tailings ponds, continuing to cause PTE contamination to the neighboring environment.
Several studies have reported that the PTE contamination of soils, river sediments, and
river water upstream of Miyun Reservoir is mainly caused by mining activities [27,30–34].
Some other studies have concluded that coal combustion and vehicle exhaust were identi-
fied as the primary source of PTEs in surface soils. It is difficult to infer the contribution of
various sources from the elevated concentration of PTEs, especially in the mining area [35].
In addition, the levels and sources of PTEs in sediments have rarely been reported in this
area compared to soils (Zhu et al., 2013), even though sediment is the appropriate indicator
of PTEs in aquatic systems [36].

To investigate the impact of mining activities on the accumulation of PTEs in the
surrounding environment, Pb isotopes, as well as the current contamination status of eight
typical PTEs (Cu, Pb, Zn, Cr, Ni, Cd, As, and Hg) in soils and sediments, were determined
surrounding the mining-impacted area upstream of Miyun Reservoir, Beijing, China. We
aimed (i) to assess the pollution of PTEs; (ii) to identify and appoint the potential pollution
sources using Pb isotope fingerprinting and multivariate statistical analysis; (iii) to quantify
the Pb contribution from the potential sources using stable isotope mixing models.

6
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2. Materials and Methods

2.1. Sample Collection and Preparation

As shown in Figure 1, a total of 35 sampling sites (three points at each site) were taken
from the small-scale gold ores scatter areas upstream of the Miyun Reservoir, including
16 surface soil sites, 15 surface sediments sites (SD1–SD15), and four tailings dam sites. Of
the 16 soil sampling sites, 12 sites (SI1–SI12) were taken from an area heavily impacted
by mining activities in proximity to local and regional potential contaminant sources
(e.g., mines and tailings dams), and four unpolluted sites (SO1–SO4) were taken from
woodlands, villages, and agricultural lands that were far from the mining activities and
had not been strongly impacted. In 2005–2013, mining activities in the sampling area were
completely abandoned due to local government policies.

Figure 1. Map of the upstream of Miyun Reservoir (a); soils and sediments sampling sites (b).
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2.2. Chemical Treatments and Analysis

Samples were first freeze-dried and sieved through the 200 mesh (<0.074 mm) stainless-
steel sieve. Subsamples (0.1 g) were added with 4 mL of concentrated HNO3 and 0.5 mL
of H2O2 (30%) in a Teflon beaker before heating at 90 ◦C overnight until dryness. The
samples were further digested with 2 mL of concentrated HNO3, 2 mL of HF, and 1 mL
of HClO4 in a sealed beaker at 120 ◦C for 48 h. Upon evaporation until dryness, re-
dissolved in 5% HNO3, the digester was measured for total element concentration. Stan-
dard reference materials were processed with the same digestion procedure. Pb isotopic
analyses (204Pb,206Pb, 207Pb, and 208Pb) were determined in a selection of soils and sedi-
ment samples using a Nu Instruments HR® double focusing MC-ICP-MS. Samples were
calibrated against the National Institute of Standards and Technology (NIST) SRM 981
standard after each sample measurement. The measured isotopic ratios of the standard
NIST SRM 981 were 204Pb/206Pb = 0.059 ± 0.001 (2SD), 206Pb/207Pb = 1.093 ± 0.002 (2SD),
and 208Pb/206Pb = 2.166 ± 0.003 (2SD), which had good agreement with their respective
certifications 0.059, 1.093, and 2.168 [17].

2.3. Quality Assurance and Quality Control (QA/QC)

The lab glassware and Teflon beakers were previously soaked in 50% HNO3 (w/w)
at 120 ◦C for at least 48 h, followed by rinsing with 18.2 MΩ/cm of Milli-Q water before
usage. All analytical solutions were executed in triplicate, and the result was expressed
as the mean value. The quality of the processing and analytical procedures was tested
by measurements on the Chinese national geo-standard (GBW-07333 and GBW-07314)
provided by the National Research Center for certified Reference Materials of China. The
standard solutions (NIST) SRM 981 were measured after every ten samples in the analysis
of PTE concentrations and after every signal sample in the analysis of Pb isotopic ratio.
Instrument performance and analytical procedure reproducibility were determined by
analyzing the United States Geological Survey (USGS) reference materials BCR-2 (Basalt,
Columbia River) and AGV-2 (Andesite, Guano Valley). The BCR-2 standard resulted in
206Pb/207Pb = 1.209 ± 0.006 (2SD) and 208Pb/206Pb = 2.065 ± 0.003 (2SD), in agreement
with the values reported [37]. The AGV-2 resulted in 206Pb/207Pb of 1.208 ± 0.001 (2SD) and
208Pb/207Pb of 2.468 ± 0.008 (2SD), also in agreement with previously published values [38].
The standard error of 207Pb/206Pb measurements was less than 0.3% RSD. The results of
PTE concentrations were consistent with all reference values, and the differences were
within ±7%. The relative error was lower than 10%, and the relative standard deviation
(RSD) was lower than 5% for all tests.

2.4. Pollution Risk Assessment

The contamination factor (CF), degree of contamination and pollution load index
(PLI), geo-accumulation index (Igeo), and potential ecological risk assessment (RI) were
determined to assess the potential extent of PTE contamination in different sampling sites.

2.4.1. Contamination Factor (CF)

CF was used to assess environmental contamination caused by an excess of a single
metal in a sample by calculating the ratio of the measured metal concentration to the
natural background value of the metal [39], calculated according to Equation (1).

CFi = Ci
f = Ci

m/Ci
b (1)

where Cm represents the measured concentration of metal i, and Cb represents the reference
value for metal i. The reference value used here was the background value (BV) for PTEs in
natural soils in Beijing [40]. Based on the calculated CF values, the degree of contamination
was divided into four levels: low (CF < 1); moderate (1 ≤ CF < 3); considerable (3 ≤ CF < 6);
and very high (CF ≥ 6).
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2.4.2. Pollution Level Index (PLI)

The pollution load index (PLI) was used to assess the overall combined toxicity to the
environment at each sampling site by standardizing the contribution of all the evaluated
PTEs [41]. PLI was calculated as the nth root of the product of contamination factors (CFi),
calculated according to Equation (2).

PLI = n
√

CF1 × CF2 × · · ·CFi × · · ·CFn (2)

where n is the sum number of evaluated PTEs. PLI classifies six classes of metal con-
tamination from low to high as follows [41]: unpolluted (PLI ≤ 1); unpolluted to mod-
erate (1 < PLI ≤ 2); moderately polluted (2 < PLI ≤ 3); moderately to highly polluted
(3 < PLI ≤ 4); highly polluted (4 < PLI ≤ 5); and very highly polluted (PLI ≥ 5).

2.4.3. Geo-Accumulation Index (Igeo)

The commonly used Igeo is a geochemical criterion proposed by Muller [42] to quantify
metal contamination from natural activities (geological and geographical processes) and
anthropogenic activities in soils or sediments, calculated according to Equation (3).

Igeo = log2
Cm

1.5Cb
(3)

The constant 1.5 is introduced as the background matrix correction factor for litho-
spheric effects. Igeo classifies seven classes of metal contamination from low to high as
follows [43]: unpolluted (Igeo < 0); unpolluted to moderately polluted (0 ≤ Igeo < 1); moder-
ately polluted (1 ≤ Igeo < 2); moderately to heavily polluted (2 ≤ Igeo < 3); strongly polluted
(3 ≤ Igeo < 4); strongly to extremely polluted (4 ≤ Igeo < 5); and extremely polluted (Igeo ≥ 5).

2.4.4. Potential Ecological Risk Assessment

The potential ecological risk index of an individual element (Ei
r) and the compre-

hensive potential ecological risks (RI) and of PTEs in soils and sediments were evaluated
following Equations (1), (4) and (5), as established by Hakanson [41].

Ei
r = Ci

f × Ti
r (4)

RI = ∑ Ei
r = ∑(Ci

f × Ti
r) (5)

Ti
r is the toxicity response factor of each metal, where Hg = 40, Cd = 30, As = 10,

Cu = Pb = Ni = 5, Cr = 2, and Zn = 1 [44,45]. Ci
f is calculated as Equation (1). The ecological

risks of individual metal (Ei
r) were divided into five levels: low risk, (Ei

r < 40); moderate
risk (40 ≤ Ei

r < 80); considerable risk (80 ≤ Ei
r < 160); high risk (160 ≤ Ei

r < 320); and very
high risk (Ei

r > 320). Based on RI values, the comprehensive ecological risks of PTEs were
divided into four levels: low risk (RI < 150); moderate risk (150 ≤ RI < 300); considerable
risk (300 ≤ RI < 600), and high risk (RI > 600).

2.5. Data Analysis

XSLTAT software and R (version 3.6.3) were used for the statistical analysis, including
Pearson’s correlation analysis, HCA, and PCA. The statistical method was performed with
a 95% confidence interval (significance p < 0.05). Due to a wide range of Pb and other metal
concentrations in soils and sediments, the original data were standardized before carrying
out HCA and PCA [15].

A binary mixing model was used to quantify the relative contributions of mining
activity-associated Pb to the soils and sediments. The model was calculated from the values
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of 206Pb/207Pb and 208Pb/206Pb and the mean contribution was derived [46], calculated
according to Equations (6)–(8).

X1 =
(

206Pb
207Pb )Sample

− (
206Pb
207Pb )Source A

(
206Pb
207Pb )Source A

− (
206Pb
207Pb )Source B

(6)

X2 =
(

208Pb
206Pb )Sample

− (
208Pb
206Pb )Source A

(
208Pb
206Pb )Source A

− (
208Pb
206Pb )Source B

(7)

X = (X1 + X2)/2 (8)

where X1 and X2 are the percentages fraction of source A calculated from 206Pb/207Pb and
208Pb/206Pb, respectively. X is the average of X1 and X2.

3. Results and Discussion

3.1. Current PTEs Contamination in Soils and Sediments

The average concentrations of the studied PTEs in soils and sediments, in order of
abundance, were as follows: Pb > Cu > Zn > Cr > Ni > As > Cd > Hg and Zn > Cr >
Pb > Cu > Ni > As > Cd > Hg, respectively (Table 1). In general, the PTE concentration
of unpolluted soils (outside mining area, SO1–SO4) was close to the background value
of Beijing (Table 1), consistent with the previous studies for forest and grassland soils of
Miyun Reservoir [30] and rural soils of Beijing [15]. The concentrations of all investigated
PTEs were significantly higher in the mining-impacted soils (SI1–SI12) than in the un-
polluted soils (SO1–SO4). For example, the mean concentration of Cd in the unpolluted
soils (SO1–SO4) (0.13 mg·kg−1) was similar to the Cd geochemical baseline concentra-
tion (0.12 mg·kg−1) in Miyun Reservoir [47], whereas up to 0.79 mg·kg−1 (mean value)
of Cd was detected in the mining-impacted soils (SI1–SI12). The mean concentrations
of Cu, Pb, Zn, Cr, Ni, Cd, As, and Hg in the sediments were 35, 39, 94, 67, 28, 0.3, 4.4,
and 0.03 kg−1, respectively, which are comparable to the levels in other river sediments in
China [48,49]. However, the concentrations (in mg·kg−1) of Zn (228), Pb (192), and Cu (92.1)
were much higher than those of the upper continental crust [50] and Beijing background
values [16]. Therefore, it can be predicted that metal-rich ores may be responsible for the
significant increase in the concentration of some specific PTEs (Pb, Cu, and Cd) in the
river sediments [48,51].

Spatially, the PTEs in the soils (32% < CV < 220%) were considerably more variable
than in the sediments (29% < CV < 129%), although both were significantly higher than
in unpolluted soils (10% < CV < 45%), as shown in Figure 2 by different colors. The
variations may be caused by the complex geological and geographical features among
the different sites and the surrounding anthropogenic activities [51]. Extremely high
concentrations (in mg·kg−1) of Pb (27,368), Cu (1582), Zn (792), and Cd (4.1) were found at
Site SI6, which is geographically adjacent to the ore deposits (Figures 1 and 2). Cr (195) and
Ni (62.3) exhibited the highest concentration at Site SI2, and the highest concentration of
As (59.1) and Hg (1.14) was found at SI11. It can be seen from Table 1 that the maximum
concentrations of each PTE were all detected in the soils (SI2, SI6, and SI11), and the mean
concentrations of PTEs in the soils were also greater than in the sediments. Therefore,
the overload of PTEs in soils and sediments is likely to have been disturbed by varying
degrees of mining activities. Meanwhile, the soils in the study area were more significantly
disturbed by mining activities. On the one hand, this phenomenon may originate from the
fact that soils inside the mining area are closer to the source(s) point of contamination from
various mining activities (Figure 1). The distance between sampling sites and point sources
(e.g., mining, smelters, and tailings dams) may significantly affect metal accumulation
through different diffusion intensities of anthropogenic activities [52,53]. On the other
hand, the mobility and availability of PTEs in soils and sediments are influenced by several
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factors, including topography, oxic–anoxic interface, adsorption/desorption processes, pH,
salinity, and organic matter [54]. The results of the current metal contamination in soils
and sediments further confirm previous findings that there are varying degrees of metal
contamination upstream of the Miyun Reservoir [27,33].

Table 1. Concentration of PTEs in soils, unpolluted soils, and sediments.

Element
Cu Pb Zn Cr Ni Cd As Hg

mg/kg

Soils (n = 36)
Max 1580 27400 792 195 62.3 4.10 59.1 1.140
Min 13.0 4.77 18.7 44.3 18.2 0.0970 2.07 0.004

Mean 199 2470 181 117 40.4 0.791 8.52 0.168
Meadium 71.4 55.7 93.2 105 38.4 0.315 3.92 0.026

SD 438 785 211 52.7 13.8 1.12 16.0 0.329
CV% 220 31.8 116 45.2 34.1 141 188 197

Unpolluted Soils (n = 12)
Max 29.0 25.5 71.4 80.1 33.9 0.150 7.45 0.000019
Min 19.4 20.3 49.7 43.8 19.5 0.110 2.49 0.000010

Mean 23.6 23.1 64.2 55.7 24.9 0.128 4.71 0.000014
Meadium 23.0 23.3 67.9 49.5 23.2 0.125 4.46 0.000014

SD 4.79 2.21 9.83 17.0 6.87 0.0171 2.10 0.000004
CV% 20.3 9.57 15.3 30.5 27.6 13.4 44.5 28.0

Sediments (n = 45)
Max 92.1 192 325 129 45.5 0.910 15.0 0.000190
Min 16.7 16.1 46.9 44.7 18.4 0.100 2.46 0.000010

Mean 36.7 42.5 113 68.8 28.9 0.336 5.10 0.000034
Meadium 29.8 24.0 100 64.2 27.1 0.200 4.29 0.000017

SD 19.3 43.9 74.3 22.6 8.51 0.262 3.15 0.000044
CV% 52.7 103 66 32.8 29.4 77.8 61.7 129

BBV a 22.5 23.7 71.4 80.1 33.9 0.20 7.50 0.0700
UCC b 28.0 17.0 67.0 92.0 47.0 0.0900 4.80 0.0500

a Beijing Background Value; b Upper Continental Crust.

Figure 2. Spatial distribution of PTE contents (mg/kg) in soils and sediments.
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3.2. Pollution Assessment of PTEs in Soils and Sediments

The pollution assessment methods, including CF, PLI, Igeo, and RI, generally reflected
higher contamination levels in the soils than in the sediments, as shown in Figure 3 and
Table 2. For example, average CF values of Cu, Pb, Zn, Cr, Ni, Cd, As, and Hg in sediments
were 1.63, 1.79, 1.58, 0.86, 0.85,1.68, 0.68, and 0.49, respectively, which belong to the
unpolluted (CF < 1) and moderate-to-low (1 ≤ CF < 3) polluted levels (Table 2). However,
the average CF values of PTEs in soils were much higher with very high polluted levels
(CF ≥ 6) of Cu (8.84) and Pb (8.80); high polluted levels of Cd (3.96); and moderate-to-low
polluted levels of Zn (2.53), Cr (1.46), Ni (1.19), As (1.14), and Hg (2.40). The PLI values
of the sediment sites ranged from 0.57 to 1.92 with an average of 0.97, indicating almost
no heavy pollution (PLI > 1), while seven of the 12 soil sampling sites had PLI values
within 1.2–9.8 (Table 2). Similarly, the mean Igeo value for each PTE in the sediments
was below zero, while the mean Igeo values in soils for PTEs ranged from −1.37 to 1.56
(Figure 2). The difference in Igeo between soils impacted by mining activities (SI1-SI12) and
unpolluted soils (SO1–SO4) can be clearly seen in Figure 2, with Igeo values as high as 9
for the former and below 0 for the latter. Notably, for Pb, the Igeo values for SI1, SI5, and
SI6 were classified as strongly contaminated (4 ≤ Igeo < 5), and for SI6, it was classified as
extremely contaminated (Igeo ≥ 5). Notably, the highest PLI value was found at SI6 (9.8),
followed by SI11 (4.4), SI1 (2.5), and SI5 (2.1), all located within 2 km of either of the tailings
ponds, mines, or the smelters (Figure 1); thus, proximity to mining activities might account
for the higher PLI at these soil sites. None of the PTEs in sediments showed a heavy or
extreme pollution index with Igeo < 3. Sediment sampling sites did not have high or very
high contamination indices, and most sampling sites were uncontaminated to moderately
contaminated with PLI < 2, CD < 20, and RI < 300 (Table 2). One-third of the sediment
sampling sites had uncontaminated levels (Igeo < 0) for all PTEs, indicating that these sites
(SD5, SD6, SD9, SD12, and SD15) have not been impacted by mining activities.

Table 2. Pollution assessment of PTEs in soils and sediments.

Type Site

Contamination Factor (CF)
Pollution Load Index

(PLI)
Potential Ecological

Risk Index (RI)

Cu Pb Zn Cr Ni Cd As Hg Values
Pollution

Levels
Values

Pollution
Levels

Soils

SI1 5.20 35.4 3.50 2.23 1.53 5.30 0.36 0.34 2.48 Moderate 381 Considerable
SI2 1.72 0.71 1.40 2.43 1.84 1.15 0.41 0.11 0.90 Unpolluted 66 Low
SI3 0.58 0.20 0.26 2.35 1.04 0.60 0.58 0.06 0.44 Unpolluted 38 Low
SI4 4.53 0.74 0.86 1.31 1.50 0.65 0.79 0.19 0.93 Unpolluted 65 Low
SI5 4.49 37.0 3.31 1.30 1.23 4.80 0.28 0.36 2.12 Moderate 366 Considerable
SI6 70.3 1150 11.1 1.92 1.06 20.5 0.55 3.97 9.75 Very high 6767 High
SI7 3.61 9.79 3.92 1.30 1.15 6.05 0.40 0.53 2.01 Moderate 265 Moderate
SI8 2.04 1.16 0.90 0.80 0.90 0.49 0.29 0.14 0.65 Unpolluted 40 Low
SI9 0.89 1.02 0.78 0.59 0.65 0.85 0.83 0.39 0.72 Unpolluted 49 Low

SI10 2.27 3.03 1.21 0.55 0.54 2.00 0.50 5.46 1.38 Moderate to
unpolluted 98 Low

SI11 7.64 6.03 2.07 1.57 1.76 4.05 7.88 16.3 4.39 High 286 Considerable

SI12 2.73 1.67 1.08 1.13 1.11 1.05 0.79 0.93 1.21 Moderate to
unpolluted 70 Low

Unpolluted
soils

SO1 1.29 0.86 0.94 1.00 1.00 0.75 0.67 0.27 0.78 Unpolluted 48 Low
SO2 0.88 1.08 1.00 0.55 0.58 0.65 0.33 0.14 0.56 Unpolluted 38 Low
SO3 1.16 1.01 0.96 0.68 0.79 0.60 0.99 0.21 0.73 Unpolluted 45 Low
SO4 0.86 0.95 0.70 0.56 0.58 0.55 0.52 0.17 0.56 Unpolluted 36 Low

12



Int. J. Environ. Res. Public Health 2021, 18, 10925

Table 2. Cont.

Type Site

Contamination Factor (CF)
Pollution Load Index

(PLI)
Potential Ecological

Risk Index (RI)

Cu Pb Zn Cr Ni Cd As Hg Values
Pollution

Levels
Values

Pollution
Levels

Sediments

SD1 4.09 8.10 1.99 1.05 0.89 2.50 0.33 0.24 1.37 Moderate to
unpolluted 148 Low

SD2 1.77 0.88 1.61 0.82 0.75 0.75 0.539 0.23 0.78 Unpolluted 48 Low
SD3 2.30 0.68 0.66 1.61 1.27 0.75 0.49 0.21 0.80 Unpolluted 53 Low
SD4 2.59 1.00 0.89 1.31 1.34 1.00 0.59 0.19 0.90 Unpolluted 64 Low
SD5 1.22 0.93 0.83 0.62 0.66 0.90 0.57 0.33 0.71 Unpolluted 49 Low
SD6 0.74 0.85 0.83 0.75 0.54 0.50 0.55 0.20 0.57 Unpolluted 34 Low
SD7 1.23 1.89 1.07 0.84 0.90 2.30 0.34 0.14 0.81 Unpolluted 95 Low

SD8 1.32 1.85 1.62 0.69 0.73 1.55 0.53 2.64 1.20 Moderate to
unpolluted 75 Low

SD9 1.03 1.01 1.24 0.58 0.61 0.85 0.60 0.51 0.77 Unpolluted 47 Low

SD10 1.70 1.35 1.57 0.75 0.90 1.95 0.78 0.89 1.16 Moderate to
unpolluted 89 Low

SD11 1.90 3.00 4.55 0.94 1.20 4.55 2.00 0.70 1.92 Moderate to
unpolluted 194 Moderate

SD12 1.04 0.96 0.74 0.56 0.63 0.50 0.65 0.14 0.57 Unpolluted 36 Low

SD13 1.54 2.07 3.19 0.80 1.00 4.45 1.19 0.46 1.45 Moderate to
unpolluted 173 Moderate

SD14 1.18 1.44 1.40 0.86 0.87 1.75 0.67 0.29 0.94 Unpolluted 80 Low
SD15 0.81 0.92 1.44 0.73 0.62 0.90 0.38 0.19 0.65 Unpolluted 45 Low

3.3. Source Identification

Pearson’s correlation coefficient (Figure 4) showed a strongly positive correlation
between Pb with Cu (0.996), Zn (0.939), and Cd (0.995) in the soils (p < 0.01). Meanwhile, As
and Hg (0.926) had a significantly positive correlation in the soil, as well as Cr and Ni (0.653).
The results of PCA (Table 3) displayed that factor one (F1) captured Cu, Pb, Zn, Cd, and
Hg (52.7%), and factor two (F2) captured Cr and Ni (23.4%) in the soils, accounting for 76.2%
of the total variance. This evidence indicates that they have possible parallel geochemical
behaviors, which means they are likely from the same source(s) [33,55,56]. HCA was used
to group sample sites and PTE concentrations together (shown as 2D heatmap), which
provides more information in terms of the point source distribution and potential sources
in soils and sediments. As shown in Figure 5, the unpolluted soils (SO1–SO4) clustered
together and exhibited relatively low levels of PTEs. With the exception of sample site
SI9, all other soils inside the mining area exhibited contamination with different PTEs. For
example, SI5, SI6, and SI7 exhibited relatively high levels of Pb, Zn, Cu, and Cd. In addition,
SI11 showed high levels of Hg, As, Ni, and Cr. These pieces of evidence combining the
higher loading of PTEs than the background value of Beijing pointed out that Cu, Pb, Zn,
and Cd in the soils inside the mining area likely originated from mining activities. The
results confirm previous research that mining activities are the major source of Cu, Zn,
and Pb from Pb-Zn ores, atmosphere deposition, acidic mine drainage wastewater from
smelters, erosion, and leaching of tailings [57,58]. In addition, Ni and Cr in soils were
closely associated with natural sources likely originating from the soils’ parent material
(lithogenic origin). As and Hg are likely derived from the traditional extraction process of
gold ore, amalgamation for gold extraction [27,59].
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Figure 3. Igeo of PTEs in soils and sediments.
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Figure 4. Pearson’s correlation analysis of PTE concentration in soils (Left) and sediments (Right)
inside the mining area.

The results obtained from PCA (Table 3) for PTEs in sediments showed that F1 ex-
plained 42.7% of the total variance with high positive loadings, Cd (0.850), Cu (0.820),
Ni (0.753), Pb (0.722), Zn (0.685), and Cr (0.593), meaning a common source is possibly
mining activities; F2 with a high value for Cr (0.733) described 26.6% of the total variance.
Both F1 and F2 contained Cr, suggesting that Cr could originate from multiple sources.
This speculation is further supported by the HCA and Pearson’s correlation coefficient.
The HCA results divided the PTEs into two groups in the sediments: As, Hg, Pb, Zn, and
Cd in group 1; and Cu, Cr, and Ni in group 2, indicating that the same group may originate
from the common source(s) (Figure 5). In addition, Cu-Cr-Ni and Zn-Cd were significantly
correlated with each other (r < 0.6, p < 0.01) based on Pearson’s correlation analysis. Thus,
it can be observed that the correlation of PTEs in sediments is weaker compared to soils.
At the same time, the overall content of PTEs is low, and fewer sampling sites are affected
by mining activity disturbance.

Table 3. Results of principal component analysis.

Element
Soils Sediments

F1 F2 F1 F2

Cu 0.938 0.046 0.820 0.417
Pb 0.943 −0.169 0.722 −0.228
Zn 0.943 −0.062 0.685 −0.600
Cr 0.234 0.904 0.592 0.733
Ni 0.225 0.924 0.753 0.487
Cd 0.952 −0.054 0.850 −0.365
As 0.222 0.223 0.102 −0.468
Hg 0.706 −0.343 0.325 −0.643

Eigenvalue 4.22 1.88 3.42 2.13
Variability (%) 52.7 23.4 42.7 26.6

Cumulative (%) 52.7 76.2 42.7 69.3
Greater than 0.5 are shown in bold.
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Figure 5. The HCA results are shown as 2D (Euclidean distance; agglomeration method: Ward’s method).

3.4. Pb Isotope Ratios and Source Apportionment

As shown in Figure 6, the uncorrelated relationship between Pb concentration (1/Pb,
kg/mg) and Pb isotopic ratio (206Pb/207Pb and 208Pb/206Pb) in both soils (R2 = 0.07) and
sediments (R2 = 0.03) indicated a mixing of different Pb sources in soils and sediments
(Xu et al., 2019b). The plot of 206Pb/207Pb vs. 208Pb/206Pb ratios of the soils, sediments,
and tailings in this study is displayed in Figure 6c. The Pb isotopic composition of soils
outside the mining area (SO1–SO4) received a significant input of adventitious Pb with
high 206Pb/207Pb (1.167 ± 0.0029) and low 208Pb/206Pb (2.105 ± 0.0048), which is in line
with China soils from the northeast geochemical region 206Pb/207Pb of 1.153–1.175, and
208Pb/206Pb ratios of 2.11 ± 0.005 [60]. Pb found in unpolluted sediments was usually
derived from various natural sources, including weathering of catchment soils and bedrock
or transported more directly within mineral matter eroded from catchment [61]. As listed in
Table 4, there was a wider range of 206 Pb/207Pb and 208 Pb/206Pb ratios in soils (1.095–1.148
and 2.127–2.196) compared to sediments (1.120–1.154 and 2.122–2.167), which is consistent
with data obtained in the corresponding Pb concentration. This reflected that soils within
the mining area may be more severely disturbed by mining activities than sediments are.
The dominating sources of Pb pollution in the Chinese mining area may originate from
mining and industrial emissions such as metal processing and manufacturing, as well as
coal combustion (transportation of aerosol deposition) and vehicle exhausts [30,47,53]. The
contribution of leaded gasoline was not considered in this study, because, at the end of the
last century, leaded gasoline was completely banned in China, and leaded gasoline has a
quite low Pb concentration [16].
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Figure 6. The plot of 206Pb/207Pb (a) and 208Pb/206Pb (b) versus the inverse of Pb concentration of
the soils and sediments, as well as the plot of 206Pb/207Pb versus 208Pb/206Pb ratios of the sediments,
soils, and tailings in this study (c).

Given a strong linear trend between the Pb isotope ratios (208Pb/206Pb vs. 206Pb/207Pb)
of tailings, unpolluted soils, soils, and sediments (R2 = 0.96), only the source contributions
of Pb from mining activities (as source A) and natural background (as source B) were
considered in this study, and the average relative Pb contributions were calculated for each
site according to Equations (6)–(8). As shown in Figure 7, the results showed that mining
activity contributes most of the mining activity-related Pb to soils, with an average relative
contribution of 58.9%, ranging from 27.2% (SI4) to 86.7% (SI3). For the sediments, the
natural background appeared to be the main source of Pb (58.8%), while contributions from
mining activity ranged from 21.7% (SD9) to 60.2% (SD13). It confirmed that mining activity
was the major source of Pb pollution in soils. This phenomenon is mainly due to the
considerable contribution of long-term frequent mining activities, ore mining and smelting,
and abundant small-scale mines distributed in the upper area of the Miyun Reservoir;
therefore, most soil Pb likely represents locally emitted Pb [27,30,33,62]. In contrast, natural
background sources are an important source of Pb in sediments. Nevertheless, some of
the sample sites (e.g., SD13, SD1, SD15, and SD6) are still strongly disturbed by mining
activities, with the contribution of mining activities greater than 50%. Several pieces of
research have also suggested that mining activities were the dominant anthropogenic Pb
source in reservoir sediments [63,64]. It is noteworthy that mining activity-related Pb
sources account for 66% of the significant outliers (SI11) in Figure 6. It is speculated that the
reason for the deviation may be the influence of other external sources at this sample site,
which significantly changed its Pb isotopic composition. This is also supported by the HCA
results that, although both sample sites SI6 and SI11 are heavily contaminated (Table 2),
the dominant PTEs are significantly different (Figure 5).
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Table 4. Pb isotopic component in soils and sediments.

Type Sample Site 208Pb/204Pb 207Pb/204Pb 206Pb/204Pb 206Pb/207Pb 208Pb/206Pb

Soils

SI1 37.92 15.48 17.70 1.144 2.142
SI2 36.72 15.21 16.77 1.103 2.189
SI3 36.77 15.30 16.75 1.095 2.196
SI4 37.78 15.47 17.76 1.148 2.127
SI5 38.04 15.61 17.55 1.124 2.168
SI6 37.91 15.56 17.52 1.126 2.163
SI7 37.61 15.47 17.41 1.126 2.160
SI8 36.91 15.34 16.90 1.102 2.184
SI9 37.81 15.47 17.68 1.143 2.139
SI10 37.51 15.45 17.38 1.125 2.158
SI11 36.27 15.21 16.79 1.104 2.160
SI12 37.15 15.33 16.96 1.106 2.190

mean 37.37 ± 0.558 15.41 ± 0.124 17.26 ± 0.382 1.121 ± 0.0175 2.165 ± 0.0210
median 37.56 15.46 17.40 1.125 2.162

Unpolluted
soils

SO1 38.21 15.55 18.11 1.164 2.110
SO2 38.21 15.54 18.19 1.171 2.100
SO3 38.15 15.52 18.08 1.165 2.110
SO4 38.15 15.54 18.16 1.169 2.101

mean 38.18 ± 0.030 15.54 ± 0.011 18.14 ± 0.043 1.167 ± 0.0029 2.105 ± 0.0048
median 38.18 15.54 18.14 1.167 2.106

Sediments

SD1 37.48 15.45 17.33 1.122 2.163
SD2 37.47 15.42 17.42 1.130 2.150
SD3 37.82 15.48 17.79 1.149 2.125
SD4 37.79 15.47 17.76 1.148 2.128
SD5 37.80 15.48 17.66 1.141 2.140
SD6 37.66 15.43 17.39 1.127 2.165
SD7 37.67 15.48 17.57 1.135 2.144
SD8 37.76 15.48 17.69 1.143 2.134
SD9 37.90 15.47 17.85 1.154 2.122
SD10 37.84 15.48 17.73 1.145 2.135
SD11 37.99 15.49 17.85 1.153 2.129
SD12 37.58 15.43 17.46 1.131 2.152
SD13 37.42 15.41 17.27 1.120 2.167
SD14 37.57 15.42 17.44 1.131 2.154
SD15 37.52 15.430 17.34 1.124 2.164
mean 37.68 ± 0.168 15.45 ± 0.027 17.57 ± 0.196 1.137 ± 0.0111 2.145 ± 0.0152

median 37.67 15.47 17.57 1.135 2.144

Tailings

T1 36.63 15.30 16.60 1.085 2.207
T2 36.69 15.23 16.64 1.093 2.205
T3 36.53 15.30 16.60 1.085 2.202
T4 36.63 15.24 16.60 1.085 2.208

mean 36.62 ± 0.057 15.27 ± 0.033 16.61 ± 0.017 1.087 ± 0.0035 2.205 ± 0.0023
median 36.63 15.27 16.60 1.085 2.206
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Figure 7. Average relative contribution (%) of Pb from different sources in soils and sediments.

4. Conclusions

Soils and sediments around the gold mine site have been affected to varying degrees
by mining activities, and the soils have been more strongly disturbed. The average concen-
trations of PTEs in the soil markedly exceeded the local background values, and the Pb
content in some sample sites was even several hundred times higher than the background
values. The results of the multivariate statistical analysis suggested that the accumulation
of Cu, Zn, Pb, and Cd may be mainly from mining activities, while Cr and Ni are from
natural background sources in soils. Soils have much wider Pb isotopic ratio (208Pb/206Pb
and 206Pb/207Pb) ranges than sediments do in the study area. The results of Pb isotopic
fingerprinting with a binary mixing model indicated that the average relative contribution
of mining activities to Pb accumulation accounts for 58.9% in soils and 41.2% in sediments.
The mining activities were suggested to be the dominant contribution of Pb pollution in
soils. The findings provide quantitative guidance for the environmental management of
PTEs and control of the mining activities around the Miyun Reservoir.
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Abstract: A large amount of heavy metal (HM) inputs exists in the farming areas of the Hebei plain of
northern China. However, the potential ecological risk, source, and input flux of HMs in these areas
have not been well-investigated. In this study, atmospheric deposition, fertilizer, irrigation water, and
agricultural soil samples were collected from farming areas (~74,111 km2) in Hebei Province, China.
The HM index of geoaccumulation (Igeo) and potential ecological risk index (RI) of soil was calculated
for eight HMs. The source and input flux of each element were predicted using the input flux and
principal component score–multiple linear regression (PCS–MLR) methods. The results showed that
Cd and Hg increased Igeo values, and the maximum levels of As (29.5 mg/kg), Cu (228.9 mg/kg), Cd
(4.52 mg/kg), and Zn (879.0 mg/kg) were greater than the health risk screening values in the soil
quality standard of China. The potential ecological risk factor (Er) of Cd demonstrated a moderately
potential ecological risk, accounting for 67.72%. The distribution map showed that Cd was mainly
concentrated in eastern area of Baoding (BD) in the study area. The result of the atmospheric dry
and wet deposition contributed more to soil pollution than the usage of fertilizer or irrigation water
by calculating the input flux. The order was Zn (94%) > Cu (92%) > Pb (89%) > Cr (86%) > Cd (72%)
> Hg = Ni (71%) > As (59%). Principal component analysis (PCA) results showed that there were
four sources of HMs in soil. Geological sources contribute to the accumulation of As, Cr, and Ni in
soil. Cu and Pb in the soil were attributable to the input from vehicular emissions and irrigation
water. Cd and Zn in the soil were attributable to the farming activity, whereas Hg originates from the
combustion of coal. The results of PCS–MLR demonstrated that the contribution rate of As, Ni, and
Cr in the study area was 30.06%, 71.86%, 57.71% for the first group (natural source); Cu, Pb and Zn
were 71.78%, 63.59%, and 30.72% for the second group (vehicle emissions); Zn was 60.93% for the
third group (fertilizer application and irrigation water); and Hg was 85.16%, for the fourth group
(coal combustion). These factors provide a valuable reference for remediating HM pollution.

Keywords: heavy metals; pollution assessment; input flux; source; management

1. Introduction

In agroecological environments, heavy metal pollution (HMP) is attributed to im-
proper application of chemical fertilizers and pesticides, as well as irrigation water and
industrial factors [1–3]. The dispersion of HMP over large areas has become a hotspot
in environmental management. China is primarily a country having a large agricultural
production; therefore, there are concerns about environmental problems related to agri-
culture [4,5]. Agricultural pollution influences food safety, which affects human health.
HMP in agricultural soils, in addition to the quality and safety of agricultural products,
has recently become an essential topic that should be considered to protect farmlands. In
a soil pollution survey, the standards were breached at 19.4% of sites; i.e., 13.7%, 2.8%,
1.8%, and 1.1% of the considered area was slightly, mildly, moderately, and considerably
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polluted, respectively. Trace elements, such as Cd, Ni, Cu, As, Hg, and Pb, were the major
pollutants [6]. Therefore, the overall situation was not good. The quality of arable land and
soil is worrisome; moreover, pollution levels are high in soils near abandoned industrial
sites and mines. China issued novel soil environmental quality standards and guidelines to
mitigate risks on agricultural land (GB15618-2018) [7]. Based on the standards, measures
must be taken to appropriately manage the soil environment on agricultural lands [8].

Industry and agriculture form the economic foundation of Hebei Province. However,
industrial activity developments cause serious HMP, thereby limiting the agriculture econ-
omy. For example, Cd (0.92 mg/kg) and Hg (0.0725 mg/kg) were major toxic elements
in the smelting of a middle area in the Hebei plain, China [9]. The heavy metal (HM)
concentrations of Cd, Hg, Pb, Zn, Cu, Cr, and Ni were 1.86, 0.29, 154.78, 496.17, 91.06,
131.7, and 40.99 mg/kg, which exceeded the background values in street dust around an
industrial zone in Shijiazhuang (SJZ) [10].

Based on a multiobjective geochemical survey conducted to identify pollutants from
industrial, mining, and agricultural activities, the fertilizer usage rate, livestock, poul-
try manure, pesticides, irrigation water, atmospheric deposition of industrial waste and
automobile exhaust, and other human activities were the primary causes of soil pollu-
tion [11,12].

The usage of chemical fertilizers has attracted considerable attention because fertiliz-
ers are major contributors to inorganic agricultural pollution. A 2018 statistical yearbook
demonstrated that ~3.3 million tons of chemical fertilizers were used in Hebei Province from
2011 to 2017. Fertilizers are used inefficiently because their usage rate is only 30–40% [12].
Unused fertilizers are dispersed in soil and groundwater. The atmospheric deposition of
pollutants is another concern. Atmospheric dry and wet deposition accounts for 43–85%
of the total As, Cr, Hg, Ni, and Pb inputs. Note that >50% of Cd, Cu, and Zn inputs are
attributable to livestock and poultry manures [13]. Moreover, a major water shortage can be
observed in the Hebei plain, China (the study area); therefore, there is a major contradiction
between supply and demand in agricultural production. The surface water is polluted;
hence, groundwater is the primary source of irrigation water for agricultural production.
Thus, agricultural pollution is a serious problem in the Hebei plain. Consequently, it is
essential to establish annual inputs of HMs in the agricultural soil in Hebei Province for
controlling and reducing HMP.

The primary pollutants of agricultural nonpoint sources (chemical fertilizer usage,
livestock and poultry farming, and rural solid waste) can be understood using geographic
information system [14], SWAT [15], AGNPS [16], export coefficient [17], input flux [18],
and other HMP research models. To examine the soil pollution sources, the principal
component score–multiple linear regression (PCS–MLR) method [19,20] and positive ma-
trix factorization (PMF) method [21–23] are used for analyzing the contribution rate of
HMs to soil pollutants. In this study, soil samples and three types of medium samples,
including samples subjected to fertilizer, irrigation water, and atmospheric deposition,
were obtained from the Hebei plain. An input flux method was used to determine the
primary input fluxes associated with HMs for atmospheric deposition, fertilizer, and irri-
gation in agricultural soils. Moreover, the source apportionment (PCS–MLR) was used to
analyze the contribution level of each pollution source with respect to the HMs. Hence,
the aim of this study is to (1) analyze HMs concentration, the HMP level, and potential
ecological risks of Hebei Plain, China, caused by industry and agriculture, (2) evaluate
HMs spatial distribution characteristics, (3) calculate the HMs input fluxes of fertilizers,
irrigation water, and atmospheric depositions to agricultural soils, (4) identify the pollution
source and contribution rate of HMs observed in the study area via principal component
score–multiple linear regression (PCS–MLR), and (5) provide valuable management to
control the pollution source. We will provide valuable data for controlling and remediation
HMP with respect to Hebei agricultural soils.
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2. Materials and Methods

2.1. Study Area

The Hebei plain covers an area of ~7.4 × 104 km2 and encompasses both Jidong (JD)
and Jizhongnan (JZN) plains (Figure 1). The Qinhuangdao (QHD) and Tangshan (TS) cities
are located on the JD plain. The Langfang (LF), BD, Cangzhou (CZ), SJZ, Hengshui (HS),
Handan (HD), and Xingtai (XT) cities are located on the JZN plain. The Hebei plain is
bound by the Yellow River to the south, Yanshan (YS) Mountains to the north, Taihang (TH)
Mountains to the west, and the Bohai Sea to the east. The Haihe and Luanhe River systems
are located on the Hebei plain. The terrain varies in elevation from ~100 m in the west to
~3 m along the Bohai Coast. The region has a temperate monsoon climate, and climate
changes are evident with a warm summer and a cold and dry winter. The regions between
the foothills and coast contain moist and brown soils having clear variations. Moist soil
can be observed in the middle of the plain as well as along the YS Mountains to the north
and TH Mountains to the west. The farmland on the east side of the plain contains both
Eutric Cambisols and Eutric Luvisols, whereas saline–alkali soil can be observed in the
coastal region. The farmland covers an area of 6.5 × 104 km2, of which 4.46 × 104 km2 is
irrigated. The grain output in 2019 was 3.41 × 107 tons, which primarily comprised wheat,
rice, and maize [12]. The JD plain’s main industry is steel and cement. The JZN plain’s
main industry is steel, coal, cement, and metallurgy. Meanwhile, the sewage irrigation is
more serious.

Figure 1. The sampling site of soil and atmospheric deposition in Hebei plain, China.

2.2. Sample Collection and Treatment
2.2.1. Soil Samples

A total of 287 soil samples were collected from June to September in 2012 from the
top 20 cm of the arable layer in the farming areas. The surface soils, weeds, roots, gravels,
bricks, fertilizer clumps, and other debris were removed during sampling. To ensure
representativeness of samples, one point was considered to remain fixed during sampling.
Furthermore, three to five subsamples were obtained at multiple points within a range
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of 20 m to obtain a sample with a weight of >1 kg. After natural air drying, gravels,
biological debris, and plant roots were extracted. Subsequently, the samples were passed
via a 20-mesh nylon screen, mixed, and ground to −200 mesh. Note that ~100 g of the
samples was packed and sent for analysis [24].

2.2.2. Atmospheric Deposition

In this study, 60 sampling barrels were arranged in the farmland areas of the entire
study area, including 12 samples in the JD plain and 3 counties in the north of LF and
48 samples in the south of the JZN plain. They were carried to the sampling sites after
being treated using distilled water. When arranging the sampling sites, they were placed
on a rural roof, ~5–8 m above the ground. Anhydrous ethanol was placed in a barrel at a
1-cm depth to prevent the deposition from producing secondary dust and avoid industrial
areas and highways. The tank was placed in a room to allow natural evaporation, and then,
the dry sediment was extracted. After weighing and recording, the samples were sealed,
numbered, and sent to the laboratory for testing.

2.2.3. Chemical Fertilizer

Based on field surveys, well-known local chemical fertilizers were determined and
used as samples. A total of 19 types of compound fertilizers, 17 types of urea, and 5 phos-
phate fertilizers were collected. Then, the application amounts of various types of chemical
fertilizers were recorded, and the samples were sealed, numbered, and directly sent to the
laboratory for analysis. A total of 41 samples were collected.

2.2.4. Irrigation Water

Two hundred and thirty-two samples were stored in a polythene plastic pot (the inner
plug must be plastic) having a milky white rectangular stopper and a volume of 1 L. The
polyethylene pot containing water samples was soaked in 10% HNO3 for three days before
being filled with groundwater samples. Subsequently, the pot was cleaned with tap water
and distilled water. The sample bottles were washed three to five times using water samples
before sampling. Then, the samples were sent to the laboratory for analysis.

The analysis and measurements were performed in strict accordance with standard
GB/T 5750.6 [25]. For more details of the analysis and measurement methods, please refer
to previous studies [24,26].

2.3. Chemical Analysis and Quality

We weighed a 0.25-g soil sample and placed it in a Teflon beaker, added 5 mL of
HCL, heated it at low temperature on an electric heating plate, added 2 of mL HNO3, HF,
and HClO4, continued heating and cooling, transferred it to a 25 mL colorimetric tube,
diluted it with water to a scale, and stirred well. For more details of the process, please
refer to DZ/T0279-2016 [26]. Cr, Cu, Ni, Pb, and Zn in the supernatant were analyzed via
inductively coupled plasma atomic emission spectrometry (X Series II, Thermo Electron
Corporation, Waltham, MA, USA). Cd was analyzed using a graphite furnace atomic
absorption spectrometer (PerkinElmer PinAAcle 900T, Perkin Elmer Instruments (Shanghai)
Co., LTD, Shanghai, China), and As and Hg in the supernatant were measured using
a hydride generation atomic fluorescence spectrometer (AFS-2202E, Beijing HaiGuang
Instrument Co., Ltd., Beijing, China). Moreover, for determining the pH value using an ion-
selective electrode method, refer to DZ/T 0279.34-2016; for determining cation exchange
capacity using a Hexamminecobalt trichloride solution/spectrophotometric method, refer
to HJ 889-2017); and for determining organic carbon (orgC) using a potassium dichromate
oxidation–external heating method, please refer to LY/T 1237-1999.

The precision and accuracy of experimental tests were evaluated using standard sam-
ples, recovery tests, indoor and outdoor repeat samples, and coded samples. The accuracy
of deposition and solution samples can be controlled as per the national standard of sub-
stances GBW [26]. The average relative error ((Relative error/Absolute error) × 100%) of
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all samples was <4%. The precision of sample analysis was less than that specified in the
standard; the precision rate was 100%. The precision and accuracy of all samples agreed
with the requirement for Regional Ecogeochemical Evaluation [25].

2.4. Statistical Analysis

The HMs were subjected to descriptive statistical analysis using SPSS. In the analysis,
the minimum, maximum, mean, correlation analysis, and input flux were determined in
the study area. All data must be transformed via logarithmic transformations if a normal
distribution is not obtained before Pearson’s correlation analysis. The spatial distribution
of the HMs was obtained using ARCGIS version 10.5. Principal component analysis (PCA)
results were obtained via factor analysis (FA) using SPSS. Subsequently, the PCS–MLR
results were obtained. The extraction of As, Cu, Pb, Cd, Ni, Cr, Hg, and Zn was 0.726, 0.846,
0.797, 0.978, 0.943, 0.898, 0.97, and 0.983, respectively.

2.5. Pollution Assessment Methodology
2.5.1. Index of Geoaccumulation

The index of geoaccumulation (Igeo) was calculated for each metal to assess soil
pollution [27]. Igeo allows the impact of human activity on the soil environment to be
distinguished from natural factors [28] and is essential for identifying the pollution source.
Igeo can be calculated as follows:

Igeo = log2

[
Cn

1.5 × Bn

]
(1)

where Cn is the concentration of metal n in the farm soil (mg·kg−1) and Bn is the back-
ground value of metal n (mg·kg−1). A correction factor of 1.5 was used to consider natural
fluctuations in the background value because of lithographic variations. The Bn values
for Hg, Cd, As, Cu, Ni, Pb, Cr, and Zn were 0.04, 0.11, 12.8, 21.8, 30.8, 21.5, 68.3, and
71.9 mg·kg−1 [29], respectively. The contamination level based on Igeo belonged to one of
the following classes: Igeo ≤ 0 (clean), 0 < Igeo ≤ 1 (slight), 1 < Igeo ≤ 2 (mild), 2 < Igeo ≤ 3
(moderate), 3 < Igeo ≤ 4 (moderate-heavy), 4 < Igeo ≤ 5 (heavy), and Igeo > 5 (severe).

2.5.2. Potential Ecological Risk Index (RI)

Lars Håkanson—a Swedish scientist—proposed the potential ecological risk index
RI [30], which quantitatively shows the response observed for basic elemental abundance
and the synergistic effect of pollutants. Currently, it is primarily applied to assess the HMP
in soil and RI. This factor considers the potential ecological risk of a single HM and the
integrated ecological effect of various HMs [31]. Thus, the corresponding risk level could
be obtained. Equation (2) was then used to calculate the RI for each metal.

RI = ∑m
i Ei

r, where Ci
f = Ci/Ci

n and Ei
r = Ti

r × Ci
f (2)

where Ci
f is the pollution coefficient of HM i, Ci is the concentration of HM i (mg·kg−1),

Ci
n is the preindustrial reference value of the substance for HM i [30], and Ti

r is the toxicity
coefficient of HM i. Ti

r values were 40, 30, 10, 5, 5, 5, 2, and 1 for Hg, Cd, As, Cu, Ni, Pb, Cr,
and Zn, respectively. Ei

r is the potential ecological risk factor Er for HM i, which belongs to
one of the five following categories: <40 (slight); 40–80 (moderate), 80–160 (strong), 160–320
(very strong), and >320 (extremely strong). RI shows the comprehensive index for all HMs.
RI was classified into five: <150 (slight), 150–300 (moderate), 300–600 (strong), 600–1200
(very strong) and >1200 (extremely strong).
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2.6. Input Flux Analysis
2.6.1. Atmospheric Deposition

Sixty sampling bottles were arranged in the study area. The average representative
area of each bottle was 1.35 × 109 m2. The amounts of HMs in the agricultural land due to
atmospheric deposition can be calculated as follows:

Qa,i =
Ci × W × K

S
(3)

where Qa,i is the amount of HMs (i = As, Cd, Cr, Cu, Ni, Pb, Zn, and Hg) present in the study
area because of atmospheric deposition (mg·m−2·y−1), Ci is the content of HM i because of
atmospheric deposition (mg·kg−1), W is the annual amount of deposition obtained based
on the sampling bottle (kg), K is the conversion coefficient (10,000 m2), and S is the area in
which the individual soil sample can be observed (706.5 cm2).

2.6.2. Irrigation Water

The amounts of HMs in agricultural land that can be attributed to the irrigation water
were estimated based on the volume of irrigation water used annually and the heavy metal
concentrations in water as per Equation (4).

Qw,i = Ci × V × 10−4, (4)

where Qw,i is the annual input of the HM i from irrigation water (mg·m−2·y−1), Ci is the
concentration of the HM i in the irrigation water (g·L−1), and V is the volume of irrigation
water used (m3·ha−1·y−1).

2.6.3. Fertilizer

The content could not be easily calculated by homogenizing various fertilizers because
of differences between various fertilizers and their complex formulations. Thus, we calcu-
lated the input flux of each fertilizer based on the amount of fertilizer applied per year and
the sum using Equation (5).

Q f ,i =
n

∑
i = 1
j = 1

Mi,j × Ci,j × 10−4, (5)

where Qf,i is the total HM input obtained from fertilizer j (mg·m−2·y−1), Mi,j is the total
amount of fertilizer j applied (kg·ha−1·y−1), and Ci,j is the concentration of HM i in fertilizer
j (mg·kg−1).

The total input fluxes of HM i (Qt,i) from atmospheric deposition, irrigation water, and
fertilizer were calculated as follows [32]:

Qt,i = Qa,i + Qw,i + Q f ,i (6)

2.7. Source Apportionment Methodology

PMF [21,22] and PCS–MLR [19,20] are examples of source apportionment methods [33].
Recently, the latter has been applied to soil. Because of the complexity of soil systems, the
contributions of different sources to the overall concentration of a given element cannot be
easily estimated quantitatively. PCS–MLR has enormous application for soil source; it may
be applicable in local areas with similar geological conditions (such as diagenetic processes,
parent materials, soil types, and landforms). Recently, researchers successfully tracked the
origin of HMs in soil via PCS–MLR [19,20,34]. The fundamental assumption associated
with PCS–MLR is that the total element concentration was linearly correlated with the
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contribution of different sources. The basic principle has been described by Thurston and
Spengler (1985) in detail [33].

Therefore, in this study, PCS–MLR was used to assess the contribution of HMs from dif-
ferent sources to explain the variation in the HM concentration of the agricultural soil. The
current PCS–MLR method has been modified based on Thurston and Spengler (1985) [33]
(generally, considerable differences can be observed with respect to the concentrations of
different elements). Therefore, data are converted in a dimensionless standard form as
follows:

Zi,j =
Ci,j − μi

σi
(7)

where i = 1, 2, . . . , n and j = 1, 2, . . . , m are the total numbers of HMs and samples,
respectively; Zi,j is the standardized value of element i for sample j; Ci,j is the concentration
of element i for sample j; μi is the mean concentration of element i; and σi is the standard
deviation of the concentration distribution of element i [34].

First, the normal distribution of variables was tested. The results showed that all vari-
ables were normally distributed before PCA. The PCA with a varimax rotation transform
is applied to normalized data, and the PCA is calculated for the rotation. These PCA are
related to multiple sources influencing the local soil position. The initial-rotated PCA of
each component was used to estimate the absolute PCS (APCS) as per the method proposed
by Thurston and Spengler (1985) [33] to obtain an improved proportional relation with the
corresponding source contribution.

The regression of the normalized elemental data of the APCS provides a coefficient
that can be used to convert APCS into the source contribution to the sample. The equation
is as follows:

Yj = X0 +
a

∑
i=1

Xi APCSi,j (8)

where Yj is the standardized value of the concentration of the HM j; APCSi,j is the rotated
absolute component score for component i of element j; Xi APCSi,j is the contribution of
element j by the source identified with component i; and X0 is the contribution by sources
not considered in PCA. An X0 approximately equal to 0 shows successful PCA–APCS [34].
Based on regression results, coefficients were employed to calculate the contribution of a
pollution source with respect to the HMs in the study area.

3. Results and Discussion

3.1. Soil HM Concentration and Pollution Indices

Table 1 shows descriptive statistical data for pH, orgC, CEC, and HM concentrations
in soil in the study area. The mean values of pH, orgC, CEC were 8.15, 1.03%, and
11.23 cmol/kg. The mean values of Cu, Pb, Cd, Hg, and Zn were higher than the local
background values. In particular, Cd was twice the background value. The ranges of
As, Cu, Pb, Cd, Ni, Cr, Hg, and Zn were 2.47–29.50, 5.60–228.90, 13.7–125.70, 0.05–4.52,
5.40–43.20, 25.00–112.10, 0.01–0.36, and 15.80–879.00 mg/kg, respectively. The maximum
values of As, Cu, Cd, and Zn were greater than soil risk screening values for the Chinese
Standard [35], indicating that certain samples were polluted in the study area. Especially
for Cd, the maximum value was 90.4 times the minimum value. Moreover, the coefficient of
variation of Cd was 183.02%. The main reason was that two samples with highest content
(4.16 mg/kg and 4.52 mg/kg) originated from the eastern part of BD and led to a high
coefficient of variation. The result of Cd concentration is similar with Zhou (2021) who
reported that the maximum value of Cd in arable soil of eastern area of BD was 3.83 mg/kg,
96.67% of the samples that have exceeded the soil risk screening values [36].

Table 2 lists the Igeo and RI mean values. When Igeo > 0, the HMs in the soil primarily
originate from human activities rather than the natural source. When the Igeo results
showed that the mean values of the HMs were <0, no pollution owing to human activities
can be observed in all samples. However, the Igeo mean values of Cd and Hg were very
close to 0. The sample numbers of Cd and Hg were considerably greater than zero and
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accounted for 43.86% and 32.63% of the total, respectively, indicating that the majority
of Cd and Hg originate from human activities. However, the Igeo values were >0 for Pb,
Zn, and Cu at 9, 6, and 13 samples, respectively, indicating that the human effects must
be seriously considered, although they were smaller than those observed for Cd and Hg.
The mean Igeo values of As, Cr, and Ni were 99.30%, 98.95%, and 100% lower than zero,
indicating the natural origin of these elements. The result is similar to the result previously
reported in Cai (2020). Moreover, Cai (2020) also showed that As was controlled by Fe and
Mn oxide [23]. The mean Igeo values of HMs in the soil of the study area were as follows:
Cd (−0.008) > Hg (−0.05) > Pb (−0.14) > Cu (−0.15) > Zn (−0.18) > Cr (−0.19) > Ni (−0.24)
> As (−0.34).

Table 1. Descriptive statistical analysis of the HMs in the study area (in mg/kg).

Statistical As Cu Pb Cd Ni Cr Hg Zn pH orgC %
CEC

cmol/kg

Mean 9.38 24.77 24.48 0.19 27.62 66.65 0.06 75.62 8.15 1.03 11.23
Median 9.22 23.70 23.50 0.16 27.60 67.20 0.05 72.10 8.27 0.99 10.50

Std.
Deviation 3.21 14.11 9.08 0.35 6.60 11.23 0.04 53.76 0.47 0.40 4.12

coefficient of
variation % 34.18 56.98 37.07 183.02 23.88 16.85 64.65 71.08 5.77 38.83 36.69

Skewness 0.96 11.07 8.50 11.66 −0.70 −0.27 4.40 12.55 −1.52 1.81 0.82
Kurtosis 4.87 156.19 88.87 137.08 1.29 3.65 27.34 180.81 3.06 7.98 0.66

Minimum 2.47 5.60 13.70 0.05 5.40 25.00 0.01 15.80 6.20 0.16 2.70
Maximum 29.50 228.90 125.70 4.52 43.20 112.10 0.36 879.00 9.05 3.66 27.40

Local
background

[29]
12.80 21.80 21.50 0.09 30.80 68.30 0.04 71.90 - - -

Soil risk
screening

values [35]
25.00 100.00 170.00 0.60 190.00 250.00 3.40 300.00 - - -

Ref. [29] Chinese soil element background value 1990. Ref. [35] Soil environmental quality GB15618-2018.

Table 2. The Igeo and RI mean values of the HMs in the study area.

Heavy
Metals

As Cu Pb Cd Ni Cr Hg Zn

Igeo −0.34 ± 0.16 −0.15 ± 0.14 −0.14 ± 0.09 −0.008 ± 0.16 −0.24 ± 0.13 −0.19 ± 0.08 −0.05 ± 0.19 −0.18 ± 0.13

Er 9.52 ± 3.25 4.88 ± 2.78 5.62 ± 2.08 52.46 ± 96.02 4.35 ± 1.04 1.92 ± 0.32 133.01 ± 85.99 1.13 ± 0.80

RI 212.90 ± 142.55

The Er and RI results indicated that Hg has the highest Er value, thus resulting in
a (more) moderately potential ecological risk compared with that associated with the
remaining HMs in the study area. This Er value accounts for 99.65% of that associated
with the total sample. For Cd, the Er value showed a moderately potential ecological
risk, accounting for 67.72% of that associated with the total sample. Meanwhile, the
corresponding value of Er of the two samples (4.16 mg/kg and 4.52 mg/kg) was 1134 and
1233. It has reached extremely strong risk levels. The remaining HMs, such as As, Cr, Ni,
Pb, and Zn, did not show potential ecological risk values except for one sample in which
Cu achieved a moderate ecological risk. However, the comprehensive RI risk analysis
demonstrated that 82.46% of the samples reached moderate risk levels. The risk levels
were observed to be extremely strong, very strong, and strong in two, three, and seventeen
samples, respectively.

3.2. Soil HM Spatial Distribution
3.2.1. As

Figure 2 shows the distribution map of As in the study area. The distribution trend
demonstrated that the mountain front has lower As than the middle-plain and seaside
areas. Higher soil As concentrations were reported in the northeast part of the study area.
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The high-value areas were primarily distributed in the west and north part of CZ with
(pH > 8.5) soil and the eastern parts of BD. A large number of scholars indicated that pH
was one of the key factors affecting As [23,37]. For example, Shen (2020) reported that the
content of bioavailable forms of As increased gradually with the increase of pH [37].

Figure 2. Cont.
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Figure 2. Prediction map of soil HMs in the Hebei plain prepared via an ordinary Kriging method.

In the eastern part of BD, the accumulation of As due to metallurgy and sewage
irrigation has affected food security [9,38,39]. Wang (2021) reported that the abnormal high
values of As were mainly caused by the sewage irrigation, the mean value of As has risen
to 23.69 mg/kg [9]. Zhou (2021) showed that As was also affected by industrial emissions
in addition to the weathering process of geological parent rock in the BD aera [36].
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3.2.2. Ni

From Figure 2, the surface soil of the study area mostly contained low Ni content
(Table 1), indicating that the spatial distribution of Ni in the piedmont of the TH Mountains
was better than that of Ni in the YS Mountains. The distribution pattern of Ni in the
northeast of the central plain was lower than that in the other areas. The low-value
environment was primarily distributed in TS and certain areas toward the east of the
study area. Ni was mainly affected by natural geological background factors in the Hebei
plain [9,38].

3.2.3. Cr

According to Figure 2, the Cr content in the soil from the study area was low (Table 1).
The Cr distribution in the front of the YS Mountains was lower than that in front of the
TH Mountains. High-value zones were observed in BD, south of CZ, south of SJZ, and LF.
The average value of Cr was close to the background value, primarily indicating a natural
origin. Moreover, Cr and Ni had very similar distribution trends. The result shows that
Cr and Ni have the same source. Wang (2021) and Guo (2021) examined HMP in BD and
Xiong’an New District of Hebei plain and demonstrated that Ni and Cr varied in a small
range, thus representing natural soil formation background [9,38].

3.2.4. Pb

As shown in Figure 2, the Pb content in most surface soil of the study area was
relatively low. The high-value area was primarily distributed in BD, whereas the low-
value area was located in TS and QHD. Many industrial and mining enterprises involved
with the smelting, manufacturing, and usage of Pb products are located around BD and
surrounding areas. Hence, the high Pb content in this area is attributable to the Pb-
containing wastewater, waste gas, and waste residue discharged by such enterprises [39].
During gasoline combustion, Pb enters the atmosphere via the exhaust gas discharged by
an automobile and then enters the surface soil through atmospheric settlement. Therefore,
a high-value area of Pb can be observed in the jurisdiction of BD [40,41].

3.2.5. Cu

As shown in Figure 2, the Cu concentration in the surface soil of the study area was
slightly higher than that in most areas. The Cu concentration in the surface soil of the YS
Mountains was lower than that of the TH Mountains. The overall distribution pattern
showed a low trend in the NNE belt to the north of HD. A high-value area could be
observed in the BD area of Hebei Province. Metal processing, machinery manufacturing,
steel production, and other such enterprises were distributed around the city in the high-
value zone [9,40]. The waste residue, waste gas, and wastewater discharged by these
enterprises were the primary reasons for the presence of Cu in the surface soil.

3.2.6. Hg

As shown in Figure 2, areas having high Hg content in the surface soil were primarily
distributed in the surrounding regions of SJZ, BD, XT, and HD in Hebei Province. The
mountain front showed higher Hg values than the coast. A higher value could be observed
in front of the TH Mountains compared with that of the YS Mountains. Low-value areas
were mostly distributed in the east area of TS. In the northern cities, coal-fired gas was
used for heating during the winter. The deposition of Zn-containing compounds in dust
and soot during combustion was the primary cause of Hg accumulation in the soils of the
abovementioned areas [42,43].

3.2.7. Cd

The Cd content in southern Hebei was higher than that in northern Hebei (TS–QHD).
Cd-rich zones were located in the east area of BD, and the surrounding regions. These
areas may have been affected because of smelting and practice of wastewater irrigation
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that has been followed for decades [41]. The Cd content in the area was higher than the
background value of the soil. Cui (2014) reported the wastewater irrigation as the main
factor influencing higher Cd concentration in BD soils [39]. Zhou (2021) and Guo (2021)
also have indicated that smelting was the main reason contributing to Cd and other HM
concentration in BD soils [36,38].

3.2.8. Zn

Figure 2 shows that the Zn content in the surface soil of the study area was high in the
south, low in the north, high in front of the TH Mountains, and low in the front of the YS
Mountains, SJZ, Anyang, BD, and CZ. Industrial enterprises involved in various activities,
including smelting processing, machinery manufacturing, galvanizing, instrumentation,
organic synthesis, and paper-making, were located in the abovementioned high-value zone.
The Zn accumulation in local soils is attributable to the metal smelting and waste emissions
of these enterprises. Zhou (2021) considered that smelting contributed to Zn concentration
in BD soils [36]. Guo (2021) reported similar results in the same area [38].

In summary, the Hebei province has been producing coal, iron and steel, metallurgy,
and sewage irrigation for 40 years as a large industrial province [40]. Irrational development
of industry and agriculture has resulted in the distribution characteristics of HMs in
agricultural soil. The contents of As, Cr and Ni in agricultural soil were basically consistent
with the background values of soil. However, due to the difference in pH value, leading
to the high-value region of As, it was more inclined to the region with higher pH. The
high-value distribution of Hg was concentrated in areas with concentrated coal-burning
activities. The distribution of high values of Cd, Cu, Pb and Zn were mainly concentrated
in the eastern and southern parts of BD due to wastewater irrigation and smelting.

3.3. Input Flux

Figure 3 shows the results of the input fluxes of HMs in the Hebei plain. The input
fluxes contributions of HMs of atmospheric deposition in the Hebei plain were very
significant. The order was Zn (94%) > Cu (92%)> Pb (89%)> Cr (86%) > Cd (72%)> Hg
(71%) = Ni (71%) > As (59%). The contribution rate of 24% and 29% of irrigation water and
fertilizer were higher for As and Hg. Hou (2014) reported that irrigation water contributing
60–71% of the total inputs was the main source of metals (As, Cd, Cu and Hg), atmospheric
deposition account for 72% and 84% of the total inputs was an important source of Zn and
Pb, in the Yangtze River delta, China [18]. Hence, the contribution rate of As and Hg is
smaller than that in the Yangtze River delta, China. However, the contribution rate of Zn
and Pb is higher than that in the Yangtze River delta, China. In addition, the input fluxes of
As, Cd, Cr, Cu, Pb, Zn in the study area are much higher compared with the mean value of
As 28.0 g/hm2·a, Cd 4.0 g/hm2·a, Cr 61.0 g/hm2·a, Cu 108.0 g/hm2·a, Hg 1.4 g/hm2·a, Pb
202.0 g/hm2·a, Zn 647.0 g/hm2·a of China, except Hg 1.33 g/hm2·a [44].

Moreover, Figure 2 shows that HMs have regional and industrial characteristics. In
particular, the chemical industry base close to CZ results in large input fluxes of As, Cr, Cu,
Hg, Ni, and Pb. The input fluxes of Cd were the largest in the north LF, and the largest input
flux of Zn could be observed in the north of TS where mining and metallurgy industries
could be observed.

A large high-input area can be observed with respect to Ni, Pb, and other elements. In
addition to CZ, as can be observed in the urban area of LF, Hg can be observed in the east
of SJZ, and Pb can be observed in the urban areas of HS and Wuyi county, thus forming a
high-input area because of the high contribution rate of atmospheric deposition.

The atmospheric deposition resulted in a high Cd input zone toward the north of LF
and a high Zn input zone in the south and north of TS. This was because the Cd input
obtained via local atmospheric deposition reached 130 g/hm2·a, which was ten times the
average input flux (12.84 g/hm2·a) in the remaining study areas. Meanwhile, the value
was much higher than the mean value of Cd 4.0 g/hm2·a of China [44]. The proportion of
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input flux of atmospheric deposition was 72%. Therefore, the atmospheric deposition had
a major influence on the Cd distribution in the study area.

In all, the fertilizer input fluxes percentage for HMs ranged from 3% to 29%. The
input flux percentages of irrigation water for HMs ranged from 2% to 24%, except for Hg.
The input flux of Hg majorly comes from atmospheric deposition and fertilizer. Input
flux percentages for different HMs also varied greatly (Figure 3). The input flux of most
elements provided via irrigation water and fertilizer was smaller than the atmospheric
deposition flux obtained via irrigation water and fertilizer, indicating that the groundwater
quality in the Hebei plain was good. Furthermore, the high-value sites of the HM with
respect to the input fluxes of irrigation water were scattered in the central and southern
parts of the study area. The regions with high input fluxes of HMs in chemical fertilizers
were observed in areas having developed agricultural production. Thus, the input fluxes of
chemical fertilizers in the piedmont plain of the TH Mountains were considerably higher
than that in CZ, TS, and other coastal areas. In the area, the use of fertilizers has led to
HMs entering agricultural soils, and had a significant influence on the quality and safety
of arable land. Compared to the results of Hou (2014) and Jiang (2014), the contribution
rates and input fluxes for all HMs in the arable soil were significantly different in the study
area. The main reasons might be: (1) other input pathways should be considered, such
as agrochemicals, livestock manures, and sewage sludge. (2) The types and dosages of
fertilizers were different in the three study areas. (3) The majority of farmland is wheat
field in the study area, less irrigation water is applied in the agricultural production than in
the other two study areas.

Figure 3. Cont.

37



Int. J. Environ. Res. Public Health 2022, 19, 2288

Figure 3. Contributions of three input types to agricultural land in the Hebei plain, China.

3.4. Correlation Coefficient

We evaluated the spatial distribution map of HMs as per the distribution trend of each
element. Table S1 shows Pearson’s correlation coefficients for HMs for the soil samples
obtained from the agricultural soil of Hebei plain. All samples were observed, i.e., Zn–Cd >
Cr–Ni > Cu–Pb > Ni–As > Cd–Cu with a value of >0.60 (Table S1). The result of Pearson’s
correlation coefficients indicated that they may have a similar source of Zn and Cd, Cr and
Ni, Cu and Pb, Ni and As, Cd and Cu.

3.5. Contribution Rate
3.5.1. FA

FA was employed to assess the As, Cu, Pb, Cd, Ni, Cr, Hg, and Zn source identifications
with respect to the 287 soil samples obtained from the agricultural soil of Hebei plain.

PCA was used as the extraction method. Varimax rotation was performed, and Kaiser
normalization was employed. The Kaiser–Meyer–Olkin test value was ~0.60, indicating that
FA was reasonable. Moreover, Bartlett’s sphericity test result, which was <0.01, confirmed
the suitability of data for FA. Table S2 shows the rotated component matrix. Four primary
factors with eigenvalues of >1 could be observed, accounting for 89.26% of the total variance
(Figure 4). The first factor primarily involves As, Ni, and Cr, indicating that they originate
from natural sources because the mean value approached the background value. The
second factor involves Cu and Pb, the third factor is dominated by Cd and Zn, and the
fourth factor is Hg. All target HMs for PCA were obtained from natural and anthropogenic
sources. Cu and Pb associated with the second factor were primarily released to the
environment from the exhaust and nonexhaust traffic-related emissions, including fuel
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combustion, fuel additives, erosion of the asphalt material, tire attrition, smelting, and brake
wear. Zhou (2021) and Guo (2021) demonstrated that the Cu and Pb pollution is caused by
metal smelting, metal waste and debris processing, and battery manufacturing [9,43]. Cd
and Zn, which dominate the third factor, were derived from other human activities [45–47].
The considerable variations of Cd and Zn concentrations in soil samples confirm the usage
of anthropogenic resources, including phosphatic fertilizers. The fourth component, i.e.,
Hg, primarily originated from the burning of coal, as previously indicated by Zhou et al.
(2011) [48] and Huang et al. (2018) [41]. Moreover, Hg is the primary contributor to coal
combustion in China.

Figure 4. Each component plot in the rotated space map of HMs in the study area.

3.5.2. Source Distribution

As per the sources and contributions of the abovementioned pollutants, agricultural
soil pollution shows obvious multisource characteristics (Figure 5). Table S3 summarizes
the concentration of HMs in fertilizers, irrigation water, and atmospheric depositions.
Phosphate fertilizers contribute the most to the Zn and Cd amount, followed by compound
fertilizers. Urea was the lowest contributor; hence, the usage of phosphate fertilizers was
considered to be another component. The amounts of HMs, such as Pb, Zn, Cu, Pb, Cd, and
Hg, obtained via atmospheric deposition were considerably higher than other elements
in the soil, except for As, Ni, and Cr. The agricultural atmospheric deposition of HMs
is primarily attributable to industrial waste and coal burning. Therefore, S3 and S4 are
defined as farming and coal-burning groups, respectively.

The PCS–MLR results demonstrated that the contribution rate of As, Cu, Pb, Cd, Ni,
Cr, Hg, and Zn in the study area was 30.06%, 10.09%, 17.94%, 19.48%, 71.86%, 57.71%,
3.73%, and 8.29%, respectively, for the first group; 32.01%, 71.78%, 63.59%, 9.33%, 19.76%,
26.15%, 5.99%, and 30.72%, respectively, for the second group; 15.38%, 16.62%, 17.63%,
66.32%, 2.30%, 3.66%, 5.12%, and 60.93%, respectively, for the third group; and 22.46%,
0.69%, 0.84%, 4.87%, 6.09%, 12.48%, 85.16%, and 0.06%, respectively, for the fourth group.

The contribution of As to the first and second group exceeded 30%, which was at-
tributed to the natural source based on the correlation between the mean concentration
level (close to the background) and Cr and Ni. The contribution of As to the third group
was >15%, indicating multiple pollutions caused by the contribution of As in the soil. The
contributions of Cu and Pb to the second group were >60%, indicating the major role of
transportation and sewage water. The contributions of Cd and Zn to the third group were
>60%, indicating the high contribution of fertilizers and industrial waste emissions. The
contributions of As and Pb were >15%, whereas the contribution of Hg to the fourth group
was >85%, indicating the high contribution of the coal combustion. The contribution of
As was >20%, indicating that coal combustion releases a considerable amount of As. The
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results are similar to those of Zeng (2001) and Tian (2009), who reported that As originates
from coal combustion [49,50]. The results indicated that all investigated HMs in the agri-
cultural soil of Hebei plain were contributed by S2, S3, and S4 pollution sources. Therefore,
a study should be conducted to examine how their release can be reduced by controlling
the sources.

Figure 5. Contribution of HMs from four pollution sources estimated using PCS–MLR: S1 (natural
source), S2 (vehicle emissions), S3 (fertilizer application and irrigation water), and S4 (coal combustion).

3.6. Management

As per the abovementioned research results, the agricultural HMP in the study area has
become a serious problem, affecting the sustainable development of agriculture. Agricul-
tural HMP usually refers to the large-area pollution caused by the unreasonable application
of chemical fertilizers and pesticides, irrigation water, industrial and agricultural wastes,
and household garbage during the agricultural production process. Therefore, the local
environment department must take corresponding measures to solve this issue.

3.6.1. Fertilizer

According to statistics, 3.124 million tons of fertilizers were used in 2008, which
increased to 3.356 million tons in 2014 and then decreased to 3.22 million tons in 2017 [12].
The application of chemical fertilizers has decreased, although the output of wheat and
corn has increased, indicating that the usage of chemical fertilizers has increased. However,
the current efficiency of domestic fertilizers was significantly different from that of foreign
fertilizers. Therefore, the local area should scientifically and reasonably control the usage
of chemical fertilizers and pesticides, particularly phosphate fertilizers [51,52]. We suggest
focusing on new high-efficiency fertilizers and developing high-efficiency and low-toxicity
products, such as pesticides, from agricultural waste. Furthermore, we must achieve
green prevention as well as develop a control technology and an inexpensive treatment
technology for livestock and poultry manure and agricultural straw [53–55]. The content
standards of various harmful elements in chemical fertilizers should then be formulated
and improved.

3.6.2. Coal Combustion

The coal usage decreased by 244.18, 316.96, and 281.05 million tons in 2008, 2013, and
2016, respectively. The coal usage rate has decreased via control in recent years. Industrial
waste emissions have increased from 3755.8 billion cubic meters in 2008 to 7857 billion
cubic meters in 2016 [12], i.e., almost doubling in eight years. Continuously increasing
waste emissions will inevitably cause significant harm to the atmosphere and agricultural
soil. Note that >70% of the coal was used for coal-fired power generation. The global Hg
hazards associated with coal combustion and pollution caused by tens of millions of tons
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of coal gangue piles, spontaneous combustion, and rainwater leaching have considerably
affected the society and environment. The evaluation of hazards associated with typical
high-Hg coal was an urgent requirement with respect to environmental protection. The
Hg content of coal in the study area was 0.14 mg/kg and that observed when burning
coal was 0.15–0.16 mg/kg in various industries and processes such as power plants and
coking [56]. In certain processes, the Hg content was considerably high. The environmental
hazards caused by coal utilization cannot be ignored. Currently, the control technology
of coal-fired mercury emissions is in the experimental development stage globally, and
its commercial technology has not yet been completely developed [56,57]. Therefore,
the importance to achieving inexpensive coal-fired Hg emission control is to develop
a technique and provide technical and theoretical support for China’s policy-making
departments to propose reasonable and effective control measures for coal-fired Hg. The
internal laws of coal-fired Hg, harmfulness of emissions, and mineral composition and
morphological characteristics of high-Hg coal combustion should be explored [58–60].
Therefore, the selection of typical high-Hg coal for combustion emission test research and
analysis of its precipitation rules are important for achieving environmental protection in
China and the rational development and usage of coal resources.

3.6.3. Irrigation Water

The proportion of irrigation-water input was less from the perspective of the irrigation-
water input flux. However, in certain regions, the level of HMs in sewage water irrigation
should be considered. For example, in SJZ and BD, the Cd level in sewage irrigation was
high [61,62]. The low surface concentration and high concentration of As were considerably
related to groundwater [20]. Therefore, the level of HMs at both places should be considered
before wastewater irrigation, and the water quality must meet the water quality standards
for irrigation. In areas where wastewater irrigation has been applied for a long time, the
content and accumulation rate of HMs in the soil, groundwater quality, residents’ physical
health, and surrounding ecological environment should be monitored.

El-Mageed (2021) reported that adding Si could reduce HM concentration and improve
grain yield at the HMP level. We suggest that Si foliar can be used to enhance plant growth
and productivity in irrigation with HMP [63]. Moreover, Edelstein (2018) and Zhan (2018)
reported that arbuscular mycorrhizal fungi (AMF) could induce resistance to HMs. Hence,
the direct strategy involves using AMF in regions irrigated with sewage irrigation in the
study area [64,65].

3.6.4. Vehicular Emissions

Since 2008, the consumption of gasoline and diesel has increased on a yearly basis,
from 2.11 million tons of gasoline to 4.949 million tons in 2016 and from 5.317 million tons of
diesel in 2008 to 8.436 million tons in 2016 [12]. The increase in gasoline and diesel directly
reflects the increase in car ownership. Pb and Cu were the primary factors responsible for
air pollution [20,66–68].

Research results demonstrated that the HM concentration in roadside soil was zoned along
the distance and decreased exponentially with an increase in the roadside distance [69–73]. For
instance, MacKinnon (2011) reported that the Pb accumulation range caused by traffic
activities was limited to 10 m of the expressway and 3 m of feeder road [67]. In future, we
should focus on monitoring the content of HMs in arable soil within 10 m of the roadside.
Moreover, green vegetation enrichment is an economical and effective technique to reduce
HMP in the atmosphere [70]. Therefore, increasing the green belt or changing the planting
structure of the green belt can improve the concentration of HMs in arable soil. Karmakar
(2019) evaluated fifteen plants using the air pollution tolerance index, expected performance
index, and metal accumulation index to determine their tolerance to air pollution, expected
performance, and metal accumulation capacity [71]. Esfandiari (2020) and Mondal (2021)
reported that common plant species as green belts could be accumulated to improve the
HM concentration level [72,73].
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Moreover, the relevance and effectiveness of remote sensing technology for the on-site
identification of high-emission vehicles for inspection and maintenance plans should be
considered in future [41].

4. Conclusions

The RI result of HMs demonstrated moderately potential ecological risk. In particular,
the distribution map demonstrated that the concentration of HMs in the JZN plain is
greater than that in the JD plain. The high values of As, Cu, Pb, Cd, and Hg were mainly
distributed in the eastern BD. Meanwhile, the input of atmospheric deposition in the
Hebei plain demonstrated significant regional and industrial characteristics. The input
fluxes of atmospheric deposition, irrigation water and fertilizer are As (70.91 g/hm2·a),
Cr (275.81 g/hm2·a), Ni (138 g/hm2·a), Cu (419.37 g/hm2·a), Pb (475.11 g/hm2·a), Cd
(17.49 g/hm2·a), Hg (1.33 g/hm2·a), and Zn (2609.9 g/hm2·a). The input of atmospheric
deposition plays an important role in the Hebei plain. The input of irrigation water and
fertilizer also showed a contribution rate for As (24%) and Hg (29%). The result of the
source of HMs in the study area demonstrated traffic, fertilizer application, farming—Cd
and Zn, and coal-burning—the Hg group represents the primary source of Cu, Pb, Cd,
Zn, and Hg. In particular, diversified pollution can be observed based on the contribution
rate of As. In general, the three input sources of atmospheric deposition, fertilizer, and
irrigation water served as sinks for HMs in the Hebei plain, except for Ni and Cr. Hence,
the relevant department must formulate strategies to control the input of HMs. In future,
speciation in the atmosphere is important to the department of environment to perform the
detailed analysis of the pollution characteristics (vehicular traffic and industrial emission),
including mineral components.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/10
.3390/ijerph19042288/s1, Figure S1: The Cluster analysis combine map of heavy metals in study area
by using Average Linkage (Between Groups), Table S1: Correlation analysis of heavy metals in the
study area by the Pearson, Table S2: Rotated component matrix, Table S3: The mean values of Heavy
metals in chemical fertilizers (mg/kg).

Author Contributions: Conceptualization, K.C.; methodology, C.L.; software, K.C. and C.L.; formal
analysis, C.L.; investigation, K.C.; writing—original draft preparation, K.C. and C.L.; writing—
review and editing, K.C. and C.L. All authors have read and agreed to the published version of the
manuscript.

Funding: The work was supported by Natural Science Foundation of Hebei Province (CN) (Green
Channel) under grant No. D2020403003. and in part by the Project of Introducing Overseas Students
in Hebei Province under grant No. C20200307.

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Conflicts of Interest: The authors declare that they have no known competing any financial and
personal relationships with other people or organizations that could inappropriately influence (bias)
their work in this paper.

References

1. Kumar, S.S.; Kumar, A.; Singh, S.; Malyan, S.K.; Baram, S.; Sharma, J.; Pugazhendhi, A. Industrial wastes: Fly ash, steel slag and
phosphogypsum-Potential candidates to mitigate greenhouse gas emissions from paddy fields. Chemosphere 2019, 241, 124824.
[CrossRef] [PubMed]

2. Zhang, W.L.; Ji, H.J.; Kolbe, H.; Xu, A.G. Estimation of agricultural non-point source pollution in China and the alleviating
strategies II. Status of agricultural non-point source pollution and the alleviating strategies in European and American countries.
Sci. Agric. Sinica 2004, 37, 1018–1025.

3. Sun, B.; Zhang, L.; Yang, L.; Zhang, F.; Norse, D.; Zhu, Z. Agricultural non-point source pollution in China: Causes and mitigation
measures. Ambio 2012, 41, 370–379. [CrossRef] [PubMed]

4. Quan, W.; Yan, L. Effects of agricultural non-point source pollution on eutrophica-tion of water body and its control measure.
Acta Ecol. Sinica. 2002, 22, 291–299.

42



Int. J. Environ. Res. Public Health 2022, 19, 2288

5. Guo, W.; Fu, Y.; Ruan, B.; Ge, H.; Zhao, N. Agricultural non-point source pollution in the Yongding River Basin. Ecol. Indic. 2014,
36, 254–261. [CrossRef]

6. MEP; MLR. Report on the National General Survey of Soil Contamination in China. 2014. Available online: http://english.www.
gov.cn/policies/latest_releases/2014/08/23/content_281474983026954.htm (accessed on 13 January 2022).

7. Chinese Environmental Protection Administration (CEPA). Environmental Quality Standard for Soils (GB15618-2018); Standards
Press of China: Beijing, China, 2018. Available online: https://www.chinesestandard.net/PDF/English.aspx/GB15618-2018
(accessed on 13 January 2022).

8. Chinese Environmental Protection Administration (CEPA). Measures for the Management of Soil Environment on Agricultural Land
(Trial); Standards Press of China: Beijing, China, 2017. Available online: https://www.iisd.org/system/files/publications/
financing-models-soil-remediation-china.pdf (accessed on 13 January 2022).

9. Wang, C.; Zhang, S.; Liu, J.; Xing, Y.; Li, M.; Liu, Q. Pollution level and risk assessment of heavy metals in a metal smelting area of
Xiong’an New Area. Geol. China 2021, 48, 1697–1709. Available online: https://kns.cnki.net/kcms/detail/11.1167.P.20210301.175
3.015.html (accessed on 13 January 2022).

10. Cai, K.; Li, C. Street dust heavy metal pollution source apportionment and sustainable management in a typical city—Shijiazhuang,
China. Int. J. Environ. Res. Public Health 2019, 16, 2625. [CrossRef]

11. Shangguan, Y.; Cheng, B.; Zhao, L.; Hou, H.; Ma, J.; Sun, Z.J.; Huo, X.L. Distribution assessment and source identification using
multivariate statistical analyses and artificial neutral networks for trace elements in agricultural soils in Xinzhou of Shanxi
Province, China. Pedosphere 2018, 28, 542–554. [CrossRef]

12. CSY. National Bureau of Statistics of China. In China Statistical Yearbook 2019; China Statistical Press: Beijing, China, 2019.
13. Dong, T.X.; Yang, H.X.; Li, H.F.; Qiao, Y.H.; Su, D.C. Accumulation Characteristics of heavy metals in the soil with wheat-corn

rotation system in north China. J. Agric. Resour. Environ. 2014, 31, 355–365.
14. Usery, E.L.; Finn, M.P.; Scheidt, D.J.; Ruhl, S.; Beard, T.; Bearden, M. Geospatial data resampling and resolution effects on

watershed modeling: A case study using the agricultural non-point source pollution model. J. Geogr. Syst. 2004, 6, 289–306.
[CrossRef]

15. Yang, S.; Dong, G.; Zheng, D.; Xiao, H.; Gao, Y.; Lang, Y. Coupling Xinanjiang model and SWAT to simulate agricultural non-point
source pollution in Songtao watershed of Hainan, China. Ecol. Model. 2011, 222, 3701–3717. [CrossRef]

16. Mohammed, H.; Yohannes, F.; Zeleke, G. Validation of agricultural non-point source (AGNPS) pollution model in Kori watershed,
South Wollo, Ethiopia. Int. J. Appl. Earth Obs. 2004, 6, 97–109. [CrossRef]

17. Cai, M.; Li, H.E.; Zhuang, Y.T.; Wang, Q.H. Application of modified export coefficient method in polluting load estimation of
non-point source pollution. J. Hydraul. Eng. 2004, 7, 40–45.

18. Hou, Q.; Yang, Z.; Ji, J.; Yu, T.; Chen, G.; Li, J.; Yuan, X. Annual net input fluxes of heavy metals of the agro-ecosystem in the
Yangtze River delta, China. J. Geochem. Explor. 2014, 139, 68–84. [CrossRef]

19. Guo, H.; Wang, T.; Louie, P.K.K. Source apportionment of ambient non-methane hydrocarbons in Hong Kong: Application of a
principal component analysis/absolute principal component scores (PCA/APCS) receptor model. Environ. Pollut. 2004, 129,
489–498. [CrossRef]

20. Cai, K.; Li, C.; Na, S. Spatial distribution, pollution source, and health risk assessment of heavy metals in atmospheric depositions:
A case study from the sustainable city of Shijiazhuang, China. Atmosphere 2019, 10, 222. [CrossRef]

21. Men, C.; Liu, R.; Xu, F.; Wang, Q.; Guo, L.; Shen, Z. Pollution characteristics, risk assessment, and source apportionment of heavy
metals in road dust in Beijing, China. Sci. Total Environ. 2018, 612, 138–147. [CrossRef]

22. Othman, M.; Latif, M.T. Pollution characteristics, sources, and health risk assessments of urban road dust in Kuala Lumpur City.
Environ. Sci. Pollut. Res 2020, 27, 11227–11245. [CrossRef]

23. Cai, K.; Song, Z. Cycling and total risks of multiple as fractions in the Beijing–Tianjin–Hebei area on the agricultural plain, China.
Ecotox. Environ. Safe 2020, 190, 110097. [CrossRef]

24. Technical Standard of Geological Survey of China Geological Survey. Specification for Multi-Objective Regional Geochemical Survey
(1:250000) (DD2005-01); Standard Press of China: Beijing, China, 2005.

25. Standard Examination Methods for Drinking Water—Metal Parameters. GB/T5750.6-2006. National Health Commission of the
People’s Republic of China. Available online: http://www.nhc.gov.cn/wjw/pgw/201805/e3b8ea5eb9a345df8b74ee93087feccd.
shtml (accessed on 13 January 2022).

26. Geological and Mineral Industry Standards of the People’s Republic of China (DZ/T0279-2016). Analysis Methods for Regional
Geochemical Sample. Ministry of Natural Resources of the People’s Republic of China. Available online: http://g.mnr.gov.cn/20
1701/t20170123_1430106.html (accessed on 13 January 2022).

27. Muller, G. Index of geoaccumulation in sediments of the Rhine River. Geojournal 1969, 2, 108–118.
28. Hasan, A.B.; Kabir, S.; Reza, A.H.M.S.; Zaman, M.N.; Ahsan, A.; Rashid, M. Enrichment factor and geo-accumulation index of

trace metals in sediments of the ship breaking area of Sitakund Upazilla (Bhatiary-Kumira), Chittagong, Bangladesh. J. Geochem.
Explor. 2013, 125, 130–137. [CrossRef]

29. Chinese Environmental Protection Administration (CEPA). Elemental Background Values of Soils in China; Environmental Science
Press of China: Beijing, China, 1990.

30. Hakanson, L. An ecological risk index for aquatic pollution control. A sedimentological approach. Water Res. 1980, 14, 975–1001.
[CrossRef]

43



Int. J. Environ. Res. Public Health 2022, 19, 2288

31. Mihankhah, T.; Saeedi, M.; Karbassi, A. A comparative study of elemental pollution and health risk assessment in urban dust of
different land-uses in Tehran’s urban area. Chemosphere 2020, 241, 124984. [CrossRef]

32. Yi, K.; Fan, W.; Chen, J.; Jiang, S.; Huang, S.; Peng, L.; Luo, S. Annual input and output fluxes of heavy metals to paddy fields in
four types of contaminated areas in Hunan Province, China. Sci. Total Environ. 2018, 634, 67–76. [CrossRef]

33. Thurston, G.D.; Spengler, J.D. A quantitative assessment of source contributions to inhalable particulate matter pollution in
metropolitan Boston. Atmos. Pollut. 1985, 19, 9–25. [CrossRef]

34. Wang, C.; Yang, Z.; Zhong, C.; Ji, J. Temporal–spatial variation and source apportionment of soil heavy metals in the representative
river–alluviation depositional system. Environ. Pollut. 2016, 216, 18–26. [CrossRef]

35. Ministry of Ecology and Environment of the People’s Republic of China (MEE). Soil Environmental Quality–Risk Control
Standard for Soil Contamination of Agricultural Land (GB15618-2018). Beijing, China, 2018. Available online: http://www.mee.
gov.cn/ywgz/fgbz/bz/bzwb/trhj/201807/t20180703_446029.shtml (accessed on 13 January 2022).

36. Zhou, Y.L.; Wang, Q.J.; Wang, C.W.; Liu, F.; Song, Y.T.; Guo, Z.J.; Yang, Z.B. Heavy metal pollution and cumulative effect of
soil-crop system around typical enterprises in Xiong’an new district. Environ. Sci. 2021. [CrossRef]

37. Shen, B.; Wang, X.; Zhang, Y.; Zhang, M.; Wang, K.; Xie, P.; Ji, H. The optimum pH and Eh for simultaneously minimizing
bioavailable cadmium and arsenic contents in soils under the organic fertilizer application. Sci. Total Environ. 2020, 711, 135229.
[CrossRef]

38. Guo, Z.J.; Zhou, Y.L.; Wang, Q.L.; Wang, C.W.; Song, Y.T.; Liu, F.; Yang ZKong, M. Characteristics of soil heavy metal pollution
and health risk in Xiong’an New District. China Environ. Sci. 2021, 41, 431–441.

39. Guo, H.Q.; Yang, Z.H.; Li, H.L.; Ma, W.J.; Ren, J.F. Envrionmental quality and anthropogenic pollution assessment of heavy
metals in topsoil of Hebei plain. Geol. China 2011, 38, 218–224.

40. Cui, X.T.; Qin, Z.Y.; Luan, W.L.; Song, Z.F. Assessment of the heavy metal pollution and the potential ecological hazard in soil and
plain area of Baoding City of hebei province. Geoscience 2014, 28, 523–530.

41. Zhang, X.Z.; Wang, S.M.; Li, J.H. Research on the enrichment and origin of cadmium in soils in a coastal area of east Hebei
Province. Earth Envrion. 2007, 35, 321–326.

42. Huang, R.J.; Cheng, R.; Jing, M.; Yang, L.; Li, Y.; Chen, Q.; Zhang, R. Source-specific health risk analysis on particulate trace
elements: Coal combustion and traffic emission as major contributors in wintertime Beijing. Environ. Sci. Technol. 2018, 52,
10967–10974. [CrossRef] [PubMed]

43. Yang, S.; Yan, X.L.; Feng, Y.T. Spatial distribution and source identification of heavy metals in the farmland soil of the Caofeidian
in Hebei Province. Acta Sci. Circumstantiae 2019, 39, 3064–3072.

44. Luo, L.; Ma, Y.; Zhang, S.; Wei, D.; Zhu, Y. An inventory of trace element inputs to agricultural soils in China. J. Environ. Manag.
2009, 90, 2524–2530. [CrossRef]

45. Zhang XZGuo HQLi, H.L. Distinguishing origins of elements in environmental geochemistry of Baiyangdian Billabong of Hebei
Province, north China. Earth Sci. Front. 2008, 15, 90–96.

46. Jiang, W.; Hou, Q.; Yang, Z.; Yu, T.; Zhong, C.; Yang, Y.; Fu, Y. Annual input fluxes of heavy metals in agricultural soil of Hainan
Island, China. Environ. Sci. Pollut. Res. 2014, 21, 7876–7885. [CrossRef]

47. Zeng, X.; Wang, Z.; Wang, J.; Guo, J.; Chen, X.; Zhuang, J. Health risk assessment of heavy metals via dietary intake of wheat
grown in Tianjin sewage irrigation area. Ecotoxicology 2015, 24, 2115–2124. [CrossRef]

48. Zhou, Q.; Tang, Y. Coal combustion on environment pollution in China. In Proceedings of the 2011 International Conference on
Electrical and Control Engineering, Yichang, China, 16–18 September 2011; IEEE: Manhattan, NY, USA, 2011; pp. 1482–1486.
[CrossRef]

49. Zeng, T.; Sarofim, A.F.; Senior, C.L. Vaporization of arsenic, selenium and antimony during coal combustion. Combust. Flame 2001,
126, 1714–1724. [CrossRef]

50. Tian, H.Z.; Qu, Y.P. Inventories of atmospheric arsenic emissions from coal combustion in China, 2005. Environ. Sci. 2009, 30,
956–962.

51. Oyedele, D.J.; Asonugho, C.; Awotoye, O.O. Heavy metals in soil and accumulation by edible vegetables after phosphate fertilizer
application. Electron. J. Environ. Agric. Food Chem. 2006, 5, 1446–1453.

52. Cheraghi, M.; Lorestani, B.; Merrikhpour, H. Investigation of the effects of phosphate fertilizer application on the heavy metal
content in agricultural soils with different cultivation patterns. Biol. Trace Elem. Res. 2012, 145, 87–92. [CrossRef] [PubMed]

53. Atafar, Z.; Mesdaghinia, A.; Nouri, J.; Homaee, M.; Yunesian, M.; Ahmadimoghaddam, M.; Mahvi, A.H. Effect of fertilizer
application on soil heavy metal concentration. Environ. Monit. Assess. 2010, 160, 83. [CrossRef] [PubMed]

54. Zuo, H.; Ma, L.; Wang, Z.; Liu, J.; Ma, C. Research on fertilizer application technology for seedlings and its development trends.
World For. Res. 2010, 23, 39–43.

55. Jie, G.; Hua, G. Prospects on the technical innovation to increase fertilizer use efficiency. Trans. Chinese Soc. Agric. Eng. 2000, 2,
17–20.

56. Streets, D.G.; Hao, J.; Wu, Y.; Jiang, J.; Chan, M.; Tian, H.; Feng, X. Anthropogenic mercury emissions in China. Atmos. Environ.
2005, 39, 7789–7806. [CrossRef]

57. Hower, J.C.; Senior, C.L.; Suuberg, E.M.; Hurt, R.H.; Wilcox, J.L.; Olson, E.S. Mercury capture by native fly ash carbons in
coal-fired power plants. Prog. Energy Combust. 2010, 36, 510–529. [CrossRef]

44



Int. J. Environ. Res. Public Health 2022, 19, 2288

58. Pavlish, J.H.; Sondreal, E.A.; Mann, M.D.; Olson, E.S.; Galbreath, K.C.; Laudal, D.L.; Benson, S.A. Status review of mercury
control options for coal-fired power plants. Fuel Process Technol. 2003, 82, 89–165. [CrossRef]

59. Galbreath, K.C.; Zygarlicke, C.J. Mercury transformations in coal combustion flue gas. Fuel Process Technol. 2000, 65, 289–310.
[CrossRef]

60. Wang, S.X.; Zhang, L.; Li, G.H.; Wu, Y.; Hao, J.M.; Pirrone, N.; Ancora, M.P. Mercury emission and speciation of coal-fired power
plants in China. Atmos. Chem. Phys. 2010, 10, 1183–1192.

61. Shao, J.Q.; Liu, C.C.; Yan, X.L. Cadmium distribution characteristics and environmental risk assessment in typical sewage
irrigation area of Hebei Province. Acta Sci. Circumstantiae 2019, 39, 917–927.

62. Liu, Y.L.; Liu, S.Q.; Xun, Z.J.; Yan, Y.L.; Hou, D.L. Assessment of potential ecological risk of soll heavy metals in sewage irrigated
area of baoding suburban. J. Anhui Agri. Sci. 2011, 39, 10330–10332.

63. El-Mageed, A.; Taia, A.; Shaaban, A.; El-Mageed, A.; Shimaa, A.; Semida, W.M.; Rady, M.O. Silicon defensive role in maize (Zea
mays L.) against drought stress and metals-contaminated irrigation water. Silicon 2021, 13, 2165–2176. [CrossRef]

64. Edelstein, M.; Ben-Hur, M. Heavy metals and metalloids: Sources, risks and strategies to reduce their accumulation in horticultural
crops. Sci. Hortic. 2018, 234, 431–444. [CrossRef]

65. Zhan, F.; Li, B.; Jiang, M.; Yue, X.; He, Y.; Xia, Y.; Wang, Y. Arbuscular mycorrhizal fungi enhance antioxidant defense in the leaves
and the retention of heavy metals in the roots of maize. Environ. Sci. Pollut. Res 2018, 25, 24338–24347. [CrossRef] [PubMed]

66. Thorpe, A.; Harrison, R.M. Sources and properties of non-exhaust particulate matter from road traffic: A review. Sci. Total Environ.
2008, 400, 270–282. [CrossRef]

67. Habibi, K. Characterization of particulate lead in vehicle exhaust-experimental techniques. Environ. Sci. Technol. 1970, 4, 239–248.
[CrossRef]

68. Osumi, K. Exhaust Gas Purification System and Exhaust Gas Purification Method. U.S. Patent 9,593,614, 14 March 2017.
69. MacKinnon, G.; MacKenzie, A.B.; Cook, G.T.; Pulford, I.D.; Duncan, H.J.; Scott, E.M. Spatial and temporal variations in Pb

concentrations and isotopic composition in roaddust, farmland soil and vegetation in proximity to roads since cessation of use of
leaded petrol in the UK. Sci. Total Environ. 2011, 409, 5010–5019. [CrossRef]

70. Saeedi, M.; Hosseinzadeh, M.; Jamshidi, A.; Pajooheshfar, S.P. Assessment of heavy metals contamination and leaching character-
istics in highway side soils, Iran. Environ. Monit. Assess. 2009, 151, 231–241. [CrossRef]

71. Karmakar, D.; Padhy, P.K. Air pollution tolerance, anticipated performance, and metal accumulation indices of plant species for
greenbelt development in urban industrial area. Chemosphere 2019, 237, 124522. [CrossRef]

72. Esfandiari, M.; Sodaiezadeh, H.; Ardakani, H. Assessment of heavy metals in Cypress (Thuja orientalis L.) in the Yazd Highway
green belt. Desert 2020, 25, 15–23.

73. Mondal, S.; Singh, G. Air pollution tolerance, anticipated performance, and metal accumulation capacity of common plant species
for green belt development. Environ. Sci. Pollut. Res 2021, 1–12. [CrossRef] [PubMed]

45





International  Journal  of

Environmental Research

and Public Health

Article

Organochlorine Pesticides in Karst Soil: Levels, Distribution,
and Source Diagnosis

Wei Chen 1,2,3,4,5,6,7,8,9, Faming Zeng 10, Wei Liu 8, Jianwei Bu 1,2,3,4, Guofeng Hu 11, Songshi Xie 12,

Hongyan Yao 9, Hong Zhou 8, Shihua Qi 1,2,3,4,5,6,7 and Huanfang Huang 5,6,7,13,*

Citation: Chen, W.; Zeng, F.; Liu, W.;

Bu, J.; Hu, G.; Xie, S.; Yao, H.; Zhou,

H.; Qi, S.; Huang, H. Organochlorine

Pesticides in Karst Soil: Levels,

Distribution, and Source Diagnosis.

Int. J. Environ. Res. Public Health 2021,

18, 11589. https://doi.org/10.3390/

ijerph182111589

Academic Editors: Fayuan Wang,

Liping Li, Lanfang Han and Aiju Liu

Received: 16 September 2021

Accepted: 29 October 2021

Published: 4 November 2021

Publisher’s Note: MDPI stays neutral

with regard to jurisdictional claims in

published maps and institutional affil-

iations.

Copyright: © 2021 by the authors.

Licensee MDPI, Basel, Switzerland.

This article is an open access article

distributed under the terms and

conditions of the Creative Commons

Attribution (CC BY) license (https://

creativecommons.org/licenses/by/

4.0/).

1 State Key Laboratory of Biogeology and Environmental Geology, China University of Geosciences,
Wuhan 430078, China; wei.chen@cug.edu.cn (W.C.); jwbu@cug.edu.cn (J.B.); shihuaqi@cug.edu.cn (S.Q.)

2 School of Environmental Studies, China University of Geosciences, Wuhan 430078, China
3 Hubei Key Laboratory of Environmental Water Science in the Yangtze River Basin,

China University of Geosciences, Wuhan 430078, China
4 Hubei Provincial Engineering Research Center of Systematic Water Pollution Control,

China University of Geosciences, Wuhan 430078, China
5 State Key Laboratory of Organic Geochemistry, Guangzhou Institute of Geochemistry,

Chinese Academy of Sciences, Guangzhou 510640, China
6 Guangdong Province Key Laboratory of Environmental Protection, Chinese Academy of Sciences,

Guangzhou 510640, China
7 Resources Utilization, and Guangdong-Hong Kong-Macao Joint Laboratory for Environmental Pollution and

Control, Chinese Academy of Sciences, Guangzhou 510640, China
8 Institute of Geological Survey, China University of Geosciences, Wuhan 430074, China;

wliu@cug.edu.cn (W.L.); zhouhong@cug.edu.cn (H.Z.)
9 Ecological Environment Monitoring Station, Ninth Division, Xinjiang Production and Construction Corps,

Tacheng 834601, China; wowoyhy@163.com
10 School of Environmental and Chemical Engineering, Foshan University, Foshan 528000, China;

famingzeng@fosu.edu.cn
11 China City Environment Protection Engineering Limited Company (CCEPC), Wuhan 430071, China;

54001@ccepc.com
12 Shandong Institute of Geological Survey, Jinan 250013, China; sdsddy@163.com
13 South China Institute of Environmental Sciences, MEE, Guangzhou 510535, China
* Correspondence: hhuanfang@outlook.com

Abstract: Excessive reclamation and improper use of agrochemicals in karst areas leads to serious
non-point source pollution, which is of great concern and needs to be controlled, since contaminants
can easily pollute groundwater due to the thin patchy soil and developed karst structures. The
occurrences of organochlorine pesticides (OCPs) in karst soil were investigated by analyzing 25 OCPs
in the karst soils near the Three Gorges Dam, China. The total concentrations of OCPs ranged
161–43,100 (6410 ± 9620) pg/g, with the most abundant compounds being p,p′-DDT and mirex.
The concentration differences between the orchard and vegetable field and between upstream and
downstream presented the influences of land-use type and water transport on the OCP spatial
distributions. Composition analysis indicated the possible fresh inputs of lindane, technical DDT,
aldrin, endrin, mirex, and methoxychlor. Their illegal uses implied an insufficient agrochemical
management system in undeveloped karst areas. Principal component analysis with multiple linear
regression analysis characterized the dominant sources from current agricultural use and current
veterinary use in the study area. OCPs in the soils might not pose significant cancer risk for the
residents, but they need to be controlled due to their illegal uses and bioaccumulation effect via the
food chain.

Keywords: illegal use; non-point source pollution; agricultural use; veterinary use; Three Gorges

1. Introduction

Organochlorine pesticides (OCPs), mainly including dichlorodiphenyltrichloroethane
(DDT), hexachlorocyclohexane (HCH), chlordane, endosulfan, aldrin, and mirex, are a class
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of synthetic chlorine-contained pesticides. They can effectively cause insect spasms and
eventually kill insects by opening the sodium ion channel in the neurons or nerve cells of
insects, causing them to fire spontaneously [1]. Because of the excellent insecticidal effects,
OCPs were widely and largely used in agriculture during the 1950s–1980s worldwide [2,3].
With the disclosure of the high toxicity on humans and wildlife, including cancers, allergies,
and neurologic, reproductive and immune dysfunctions [4,5], most OCPs were listed in
the Stockholm Convention and banned in over 130 countries since the 1970s. Nevertheless,
the OCP pollution is still of concern: (1) because of the persistence, the high OCP residues
are still detected in the soil, water, sediment, atmosphere, and biota [6–8]; (2) OCPs can
undergo long-range transport within the atmosphere, water, and migrant birds, even to the
places without any pesticide applications, leading to global pollution [9,10]; and (3) due
to the lipophilicity, OCPs in the soil or water would accumulate in plants and livestock
and eventually threaten human health via the food chain [11]. In addition, illegal uses of
OCPs are still found in some countries and regions due to poor pesticide management.
Recently, Khuman et al. (2020) reported the ongoing usage of technical HCH contradicting
the ban in the agriculture sector on India’s southwest coast [12]. Fresh inputs were also
observed for HCHs and heptachlor in soil and groundwater in the middle reaches of the
Yangtze River Basin, China [13] and for DDTs in the soil from Mt. Shergyla, Tibetan Plateau,
China [14]. These emphasize the need to continuously investigate the occurrence of OCPs
in the environment and accordingly adjust policies for risk control.

With the area accounting for ca. 15% of the continental surface, karst is one of the most
important landscapes on terrene and is home to a quarter of the global population [15].
Karst areas are mostly mountainous and dominated by agriculture economy. The soil
resource is very precious in karst areas. On the one hand, as the carbonatite widely
distributes, it is not easy to form soil in karst areas; the formation of one cm depth soil
in karst areas might take 4000–8500 years [16]. On the other hand, as the transmissive
network consisting of sinkholes, fissures, and conduits is well developed in the rainfall-
dissolved carbonate bedrock [17], soil erosion is prevalent and severe in karst areas [18].
The soil in karst areas is generally thin, patchy, and fragile [19]. Nevertheless, farmers
conduct agricultural activities, which is perhaps the most ubiquitous human activity on
karst terranes, to feed themselves in this vulnerable soil layer. Agriculture has even been
expanded to marginal soil on slopes and ridges due to the increase of population and the
decline of land productivity [20], adversely affecting the ecology in karst areas, including
the exacerbation of soil erosion, deforestation, and pollutions of fertilizers, pesticides, and
agricultural wastes [21]. Among those, the non-point source pollution of agrochemicals
in soil has raised great concerns because the soil contaminants pose adverse impacts on
human health directly and via the food chain. To make matters worse, the thin patchy
karst soil is not capable of buffering against pollutants; the soil contaminants can easily
pollute the surface water and groundwater with rapid water runoff via highly permeable
networks of fissures and conduits [22,23], leading to widespread pollution in the karst
multimedia [24].

Many studies have focused on the OCP pollution in the karst water. The high OCP
concentrations were reported in the surface river water (32.1–293, average 120 ng/L) [25],
underground river water (2.58–320 ng/L) [25,26], spring water (0.30–32.2 ng/L) [27], and
the sediment cores (0.85–63.1, average 8.11 ng/g) [28] in southwestern China, one of the
largest karst areas in the world [29]. In the Yucatán karst area, México, severe OCP pollution
(up to 1.36 × 107 ng/L for heptachlor) was also reported in groundwater [30]. By contrast,
there are much fewer investigations of OCPs in karst soil [31,32]. Because OCPs in the water
enter via the soil [33], the OCP investigation in the karst soil is fundamental and crucial
for diagnosing the source, implementing effective management practice, and developing a
regulatory system for risk control.

To study the occurrence of OCPs in karst soil, we collected soil samples from the
Yichang karst area near the Three Gorges Dam, central China (a typical karst mountainous
area) and analyzed 25 OCP compounds to (1) investigate the levels, compositions, and

48



Int. J. Environ. Res. Public Health 2021, 18, 11589

spatial distributions of OCPs in the karst soil; (2) diagnose and quantify the OCP sources
in the karst area; and (3) assess the carcinogenic risk posed by OCPs in the karst soil
to residents.

2. Materials and Methods

2.1. Study Area and Sample Collection

The karst region in southwestern China (ca. 780,000 km2) [34], including Guizhou,
western Guangxi, eastern Yunnan, southeastern Chongqing, southern Sichuan, western
Hunan, and western Hubei, is the largest contiguous karst area with the most intense karst
development in the world [35]. It is the most undeveloped remote mountainous area in
China, and many counties therein are poverty-stricken. In these undeveloped areas, people
rely on agricultural production but have relatively weak environmental awareness and low
risk perception on handling agrochemicals.

The karst study area is in Yichang, western Hubei, with the area of approx. 2100 km2

(Figure 1). It mainly includes Zigui County (the first county closest to the Three Gorges
Dam), in addition to part of Changyang County and Yiling and Dianjun Districts of Yichang
City. The subtropical monsoon climate prevails in Yichang, with the average annual
precipitation of 1216 mm and temperatures of 2–33 ◦C. The karst study area belongs to a
karst trough zone (a typical landscape in central and southern China) [36] and has complex
karst landforms consisting of middle-low mountains and deep ravines (40–2057 m a.s.l.).
Numerous sinkholes, dolines, and grooves are developed on the up-platform, and large
karst springs emerge in the deep valley. The soil layer in the study area is loose and highly
uneven (0–4 m). Yellow soil, lime soil, and purple soil were dominant in this region. The
pH in the soil ranges between 4.8–6.5, and the total organic carbon concentrations vary
between 15.1–30.0 g/kg [37].

 

Figure 1. Location of the karst study area near Three Gorges Dam, China and the soil sampling sites.

Although the mountainous karst area is not suitable for farming, cultivation is the most
predominant human activity in this undeveloped area (the urbanization rate of Yichang
is 44.4% [38]). The arable lands are scattered in big depressions on the up-platforms,
slopes, and at the bottom of valleys. Farmers forge a living from cultivation on this thin
soil overlying carbonate rocks by growing vegetables, flue-cured tobacco, tea, oranges,
chestnuts, and other cash crops. Under the excessive reclamation, the soil layer in Zigui
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County had decreased by on about 3–5 cm depth per year [39] in the past and suffered
severe agrochemical non-point source pollution [40].

The sampling campaign was conducted in October 2019 to avoid the impact of in-
tensive agricultural activity. To collect soil samples that can represent the study area,
sample sites were set in fields with relatively thick (>20 cm) and continuous soil layers
(>20,000 m2). Twenty-seven surface soil samples (0–20 cm, ca. 1 kg for each) were collected
in agricultural fields by clean stainless-steel shovels, of which seven samples were collected
from orchards and twenty samples were collected from vegetable fields (Figure 1). After
collection, soil samples were wrapped with pre-baked aluminum foil, sealed in PE zip bags
and stored in a car refrigerator (4 ◦C, in the dark) during the sampling and transportation.
Once delivered to the laboratory, soil samples were freeze-dried, preserved in the freezer
(−20 ◦C, in the dark), and pretreated within seven days.

2.2. Sample Preparation and Analysis

Each dry soil sample (10 g dry weight) was spiked with 20 ng of 2,4,5,6-tetrachloro-
m-xylene (TCmX) and decachlorobiphenyl (PCB209) as recovery surrogates [41,42], and
then Soxhlet-extracted with 150 mL of dichloromethane (DCM) for 24 h. Before Soxhlet
extraction, clean activated copper granules were added to the collection flask to remove the
elemental sulfur from the extract during the extraction. After extraction, each extract was
concentrated, solvent-exchanged to n-hexane, and reduced to 3 mL by a rotary evaporator
(Heidolph G3, Schwabach, Germany). A neutral alumina/silica gel (v/v, 1:2) column
was then used to purify each concentrated extract. Target OCP compounds were eluted
with DCM/n-hexane (2:3, 30 mL). The eluate was then concentrated to 0.2 mL under a
high-purified gentle nitrogen stream (99.999%) and stored in the sample freezer (−20 ◦C,
in the dark). Before performing the instrumental analysis, each sample was spiked with
20 ng of pentachloronitrobenzene as the internal standard [43]. More details of the sample
preparation for OCPs could be found in previous studies [44,45].

Target OCPs were analyzed with an HP7890A gas chromatograph-63Ni electron cap-
ture detector (GC-ECD, Agilent, Santa Clara, CA, USA) equipped with an HP-5MS column
(30.0 m × 0.32 mm × 0.25 μm). According to a well-documented study in the same research
group [44], the injector and detector temperatures were 290 and 300 ◦C, respectively, and
the GC oven temperature program was set as: initially 100 ◦C for 1 min, 4 ◦C/min to 200 ◦C,
2 ◦C/min to 230 ◦C, and 8 ◦C/min to 280 ◦C for 15 min. The calibration curves used to
quantify OCPs were built with six standards with increasing analytes concentrations (10,
20, 50, 100, 150, and 200 ng/mL) and 100 ng/mL pentachloronitrobenzene.

2.3. Quality Assurance and Quality Control (QA/QC)

Method blanks, parallel samples, blank solvent, QC standard samples, recovery sur-
rogates, and internal standards were used to perform the QA and QC during the sample
pretreatment and instrumental analysis. A method blank sample and a parallel sample
were pretreated in each batch (16 samples) with the same procedures for the sample extrac-
tion and purification. For the instrumental QC, a blank solvent and a standard solution of
OCPs were analyzed between every ten-sample analysis to check for interference/cross-
contamination and instrument stability. Target compounds were undetectable in all blank
samples and solvents. Relative standard deviation values were within 20% for the par-
allel samples and 10% for the QC standards. The recoveries of TCmX and PCB209 were
74.8 ± 17.3% and 86.9 ± 24.1%, respectively. Three times the signal-to-noise levels were
used as the detection limits for target compounds. The method detection limits (MDLs) of
OCPs were in the range of 1–20 pg/g (Table S1).

All data reported in this study were based on the GC-ECD analysis, but samples
with high OCP concentrations were also confirmed with a gas chromatography–mass
spectrometer (GC-MS, 6890N GC-5975MSD, Agilent, Santa Clara, CA, USA), and results
showed the low relative percentile differences of OCP concentrations between GC-ECD and
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GC-MS analysis (<10%). Because of the higher MDLs of OCPs by GC-MS compared with
GC-ECD, samples with relatively low OCP concentrations were not analyzed with GC-MS.

2.4. Data Analysis

According to the parent–daughter relationship and commercial formulas, twenty-
five OCPs were divided into eight groups: HCB, HCHs (α-HCH, β-HCH, γ-HCH, and
δ-HCH), DDTs (p,p′-DDT, o,p′-DDT, p,p′-DDE, o,p′-DDE, p,p′-DDD, o,p′-DDD), CHLs (trans-
chlordane, cis-chlordane, heptachlor, and heptachlor epoxide), ENDOs (α-endosulfan,
β-endosulfan, and endosulfan sulfate), DRINs (aldrin, dieldrin, endrin, endrin aldehyde,
and endrin ketone), mirex, and methoxychlor. All concentrations in the soil were reported
on a pg/g dry weight (dw) basis.

The Kruskal–Wallis test and Spearman correlation analysis were conducted to investi-
gate the difference and correlation between OCP groups. The principal component analysis
(PCA) with multiple linear regression analysis (MLRA) was used to identify and quantify
the OCP sources in the karst soil. The methodology details were presented in Text S1.
These statistical analyses were all performed by SPSS Statistics 25 (IBM, Chicago, IL, USA).

Human exposure to OCPs in soil is mainly via ingestion, dermal contact, and inhala-
tion. In this study, the incremental lifetime risk of cancer (ICLRtotal) exposure to 25 OCPs in
the soil via ingestion, dermal contact, and inhalation was assessed according to the US EPA
Exposure Factors Handbook–1997 [46]. The ICLRtotal was assessed for three population
groups: children (3–10 years old), adolescents (11–18 years old), and adults (19–64 years
old). Furthermore, risks of males and females were estimated separately. The parameters
and calculation methods were analytically presented in Text S2.

3. Results and Discussion

3.1. General Comments on OCP Concentrations

The total concentrations of OCPs (∑25OCPs) were in the range (mean ± standard
deviation) of 161–43,100 (6410 ± 9620) pg/g (Table S1). The most abundant compounds
were p,p′-DDT (1640 ± 5560 pg/g) and mirex (1410 ± 1720 pg/g) (Figure 2), accounting for
the average 16.0% and 34.7% of the ∑25OCPs, respectively. With the detection rates of >85%,
HCB, α-HCH, β-HCH, γ-HCH, p,p′-DDT, p,p′-DDD, aldrin, and mirex were prevalent in
the study karst soil (Figure 2).

 

Figure 2. Concentrations and detection rates of individual OCPs in the study karst soil.

Compared with OCP concentrations in agricultural soils in other areas (Table S2),
the HCB concentrations herein were within the ranges found in the Indus River Basin,
Pakistan (400–1900 pg/g) [47] and Central Germany (570–3750 pg/g) [48], while these
areas had higher ∑HCHs and ∑DDTs concentrations than ours. The ∑HCHs and ∑DDTs
concentrations herein were also lower than those observed in the Pearl River Delta, southern

51



Int. J. Environ. Res. Public Health 2021, 18, 11589

China (<MDL–24,100 and 520–414,000 pg/g for ∑HCHs and ∑DDTs, respectively) [49],
and the Sichuan Basin, southwestern China (69–3190 (avg. 1780) and 1870–25,200 (avg.
13,500) pg/g for ∑HCHs and ∑DDTs, respectively) [45].

3.2. Influence of Land-Use Type and Water Transport on the OCP Spatial Variation

Due to the hilly terrain and small farmland area, mechanized farming is not widespread
in the study area. Individuals cultivated farmlands without unified management, which
resulted in the high coefficients of spatial variations (CV) for ∑25OCPs (CV: 150%, Figure 3)
and individual OCP compounds (CV: 94.8–520%, Figures S1–S3). The highest ∑25OCPs
concentrations were found in Sites S15 and S19 from a vegetable field and an orange
orchard, respectively (Figure 3), which might be attributed to the improper use of pesti-
cides by farmers, or there might be agrochemical dumps in these sites. The Spearman
correlation analysis (Table S3) showed that (1) HCB, HCHs, DDTs, CHLs, ENDOs, and
DRINs were significantly correlated with each other; and (2) mirex and methoxychlor were
not significantly correlated with any other OCP groups. These results indicated similar
spatial distributions for OCP groups except for mirex and methoxychlor (Figures S1–S3).

 

Figure 3. The spatial distribution of soil OCPs in different river basins.

The land-use type might affect the spatial distributions of OCPs in the karst area.
The ∑25OCPs concentrations in the orchard (9000 ± 11,500 pg/g) were higher than those
in the vegetable field (5510 ± 9020 pg/g). Specifically, the vegetable field had higher
concentrations of HCB, HCHs, DDTs, CHLs, ENDOs, and DRINs compared with the
orchard, while the concentrations of mirex and methoxychlor in the orchard were higher,
although these comparisons were not significant (Kruskal–Wallis test, p > 0.05, Table S4).
The higher concentrations of mirex and methoxychlor in the orchard soil might be due
to their uses to treat tree mites, poultry, and livestock (and their sheds), as farmers keep
poultry and livestock in orchards in the study area. Aside from the land-use type, the
hydrogeological condition might also affect the spatial distributions of OCPs. Compared
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with the concentrations in upstream areas, higher concentrations were generally found in
corresponding downstream sites for HCB, HCHs, DDTs, ENDOs, and DRINs in surface
river basins (Figures S1 and S2). For example, Site S27 had higher ∑DDTs concentration
than Sites S21–S26 in the Danshui River basin (Figure S1). The higher DDT concentrations
in the downstream soil were also observed in the Minjiang River, Fujian, China [50]. This
might be attributed to the collection of contaminants via tributaries and surface runoff, and
the more extensive cultivations in the downstream areas. Mirex and methoxychlor had
opposite spatial distributions with other OCP groups, i.e., they had higher concentrations
in upstream areas (Figure S3), suggesting that compared with the water transport, the land-
use type affected the spatial distributions of mirex and methoxychlor more significantly.

3.3. Source Diagnosis for OCPs by Composition Analysis
3.3.1. HCB

HCB accounted for avg. 7.84% of ∑25OCPs in the soil (Figure S4a). HCB was a
pesticide used to treat seeds and control wheat bunt [51], and was banned in 2009 in
China [52]. However, HCB may still be emitted during industrial manufacturing, as
HCB is a material of fireworks, ammunition, and synthetic rubbers [51,53]. In addition,
coal combustion, waste incineration, and fuel combustion may also release HCB [51,54].
With the high atmosphere transport potential, HCB might also come from the long-range
atmosphere transport from other areas. The study area is a remote mountainous area
without industries around; thus, the industrial emission was not the main source of HCB
herein. The contribution of long-range transport might also be only marginally indicated
due to the high spatial variation of HCB (CV: 114%). Therefore, the locatable agricultural
use was deemed the primary source for HCB in the soil.

3.3.2. HCHs

The ∑HCHs concentrations accounted for avg. 5.43% of ∑25OCPs in the soil (Figure S4a).
As shown in Figure S4b, β-HCH was the most abundant compound among four HCH
isomers (accounting for avg. 38.9% of ∑HCHs), followed by γ-HCH. HCHs were generally
introduced into the environment via the agricultural uses of technical HCH and lindane.
Sources of HCHs could be distinguished as technical HCH and lindane have different
formulas: technical HCH generally contains α-HCH (60–70%), β-HCH (5–12%), γ-HCH
(10–15%), δ-HCH (6–10%), and other isomers (3–4%), while lindane contains a high content
of γ-HCH (> 90%) [44,45]. In the environment, both α-HCH and γ-HCH can degrade
(γ-HCH is more easily degraded) to β-HCH, which is more stable than its parent HCH
compounds [55,56]. Furthermore, γ-HCH might be converted or biodegraded to α-HCH
via photoisomerization and biodegradation [57,58]. α-/γ-HCH values of <4, 4–7, and >7
could therefore indicate the current-use of lindane, the current-use of technical HCH, and
historical use of technical HCH, respectively.

The ratios of β-HCH/(α-HCH + γ-HCH) ranged from 0.09 to 5.41 (median: 0.87,
Figure 4a) in the study karst soil. Only 40.7% of samples had ratios of >1, indicating that
HCHs in the soil had not been highly degraded, i.e., there might be fresh input of HCHs
herein. This was also supported by the low ratios of α-HCH/γ-HCH in the soil; the ratios
of α-HCH/γ-HCH ranged from 0.04 to 11.1 (median: 0.34), with low ratios (<4) found in
92.6% samples, indicating the possible current use of lindane in the karst study area.
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Figure 4. Isomeric and metabolic ratios for identifying the sources of HCH (a), DDT (b), chlordane (c), endosulfan (d),
aldrin (e), and endrin (f) in the study karst soil. Some samples were not plotted because of undetectable target OCP
compounds. Results showed the possible current uses of lindane, technical DDT, aldrin, and endrin in the soil.

3.3.3. DDTs

DDTs were one of the most important groups in the soil, accounting for avg. 28.2%
of ∑25OCPs (Figure S4a). The most abundant compound was p,p′-DDT, accounting for
avg. 54.9% of ∑DDTs (Figure S4c). Parent DDTs mainly degrade to DDE and DDD (p,p′-
and o,p′-isomers included) under aerobic and anaerobic conditions, respectively. In this
study, the values of DDE/DDD were in the range of 0–50.3, with low values (<1) found in
45.8% samples. This indicated the existence of anaerobic degradation of parent-DDTs in
surface soil. Ratios of (DDE + DDD)/DDT ranged from 0.07 to 38.5, with low ratios (<1)
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found in 69.2% samples (Figure 4b), suggesting that DDTs in most sites were not highly
degraded. Further analysis showed the low ratios (<0.25) of o,p′-DDT/p,p′-DDT in 88.0% of
sites (Figure 4b), indicating the possible input of technical DDT (rather than dicofol) in our
study area. This is unexpected because the agricultural use of technical DDT was banned
in 1983, and its exception use for vector-control was also banned in 2009 in China [52]. The
fresh input of technical DDT was also found in the air from a karst cave in Guilin [59], and
in the soil from Chongqing, southwestern China [32]. Results herein implied the illegal use
of technical DDT, and therefore insufficient pesticide management in the study area [60].

3.3.4. CHLs

As a broad-spectrum insecticide on a range of crops, chlordane was used extensively
to control termites. Technical chlordane in the international market contains 13% trans-
chlordane, 11% cis-chlordane, and 5% heptachlor [61]. Of note, trans-chlordane is more
prone to be photodegraded than cis-chlordane [62]. Thus, the trans-chlordane/cis-chlordane
ratio is expected to be lower than 1.56 in the environment. In the study karst soil, the
∑CHLs concentrations accounted for avg. 5.04% of ∑25OCPs (Figure S4a). Here, trans-
chlordane and cis-chlordane were rarely detected, with detection rates of 40.7% and 74.1%,
respectively (Figure 2). Among the soil samples with both detectable trans-chlordane and
cis-chlordane, trans-chlordane/cis-chlordane ratios varied from 0.06 to 24.1, with low ratios
(<1) observed in 72.2% samples. This indicated the weathered chlordane profile in most
soils. A very high trans-chlordane/cis-chlordane ratio (24.1) was found in Site S13. This
might be attributed to the possible high aerobic degradation of cis-chlordane [63], rather
than the use of heptachlor (commercial heptachlor contains 20–22% trans-chlordane), since
the heptachlor concentration in Site S13 was low (4.02 pg/g, Figure 4c).

3.3.5. ENDOs

Endosulfan was mainly used in cotton cultivation and was banned in China since
26 March 2019 [64]. The commercial endosulfan contains α-endosulfan and β-endosulfan
in a ratio of 7:3 [65]. Both isomers can be degraded to endosulfan sulfate in the environ-
ment. In the study karst soil, endosulfan sulfate accounted for avg. 58.2% of ∑ENDOs
(Figure S4e). The ratios of endosulfan sulfate/(α-endosulfan + β-endosulfan) ranged 0–34.3,
with high values (>1) found in 73.9% samples (Figure 4d), indicating the high degra-
dation of endosulfan in the soil. In samples with low ratio values (<1) of endosulfan
sulfate/(α-endosulfan + β-endosulfan), the ratios of α-endosulfan/β-endosulfan ranged
between 0.11–0.76 (Figure 4d), showing the weathered profile of endosulfan in the soil,
as α-endosulfan was more prone to volatilize from the surface than β-endosulfan [66].
Considering the above, there might be no fresh input of endosulfan in the karst study area.

3.3.6. DRINs

The concentrations of ∑DRINs merely accounted for avg. 6.88% of ∑25OCPs (Figure S4a),
with the most abundant compound being aldrin (Figure S4f). Aldrin was used to kill
termites, grasshoppers, and other insect pests. Its use had been banned since 2002 in
China [67]. The aldrin concentration in the environment is generally low because aldrin
can rapidly convert to dieldrin [68]. However, high ratios of aldrin/dieldrin (>1) were
observed in 71.4% samples in this study, indicating the fresh input of aldrin. Endrin and
its degradation products endrin aldehyde and endrin ketone were rarely detected in the
soil (detection rates: <37.0%, Table S1). Among seven soil samples detected with at least
one of these compounds, five samples have low ratios (<1) of (endrin aldehyde + endrin
ketone)/endrin, indicating the possible current-use of endrin on a small scale.

3.3.7. Mirex and Methoxychlor

Mirex is mainly used to combat ants and termites. It has also been used as a fire
retardant in plastics, rubber, and electrical goods [68]. In China, the production, circulation,
use, import, and export of Mirex had been banned since 2009 [52]. In the study karst
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soil, mirex was highly and frequently detected; it accounted for avg. 34.7% of ∑25OCPs
(Figure S4a) with a detection rate of 92.6% (Table S1). In addition, mirex had high spatial
variation (CV: 123%) with concentrations up to 9300 pg/g. The study area has suffered
serious termite hazards. Based on the investigation and field survey of termite hazards
in Zigui County conducted in January 2015, twenty-three out of thirty towns had serious
hazards [69]. Using toxic pesticides is one of the methods used by residents to control
termites. The high abundance and prevalence of mirex in the soil, accompanied by the
serious termite hazards and termite control methods, might indicate the current use of
mirex in the study area.

Methoxychlor was initially developed as a DDT replacement [70]. It was widely used
in both agriculture (to treat field crops, vegetables, fruits, stored grains) and veterinary
practices (to treat livestock, pets, homes, gardens) to combat biting flies, houseflies, and
mosquito larvae [68]. Due to the acute toxicity, bioaccumulation, and endocrine disruption
activity, methoxychlor was banned in 2003 in the USA [71] and is proposed for listing
under the Stockholm Convention [70]. However, it is still used in some areas in China [72].
In the study karst soil, methoxychlor concentrations accounted for avg. 6.15% of ∑25OCPs
(Figure S4a). Although methoxychlor was not prevalent in the soil (detection rate: 48.2%,
Table S1), it had high spatial variation (CV: 470%) with concentrations up to 27,700 pg/g.
This partly indicated the possible current input of methoxychlor herein.

3.4. Characteristics and Contributions of Sources

The OCP sources in the study karst soil were characterized by the PCA with MLRA,
which were widely used in previous studies. For example, the sources of dicofol-type
DDT, historical residues, and fresh technical DDT were drawn by the PCA + MLRA to
explain 55%, 21%, and 17% of DDTs in the Pearl River Delta soil, southern China [49]. The
PCA + MLRA indicated a greater contribution of the forest filter effect than the mountain
cold trapping effect for the occurrence of polychlorinated biphenyls in the forest soil of Mt.
Gongga, eastern Tibet [73].

The log-transformed concentrations of HCB, HCHs, DDTs, CHLs, ENDOs, DRINs,
mirex, and methoxychlor were used to perform the PCA (methodology details could be
found in Text S1). Three PCs with eigenvalues greater than one were extracted, explaining
68.4% of the total variability. PC1 explained 31.2% of the total variability and had high
loadings of HCHs, DDTs and DRINs, and medium loading of HCB; PC2 explained 22.2%
and had high loadings of ENDOs and medium loading of CHLs; PC3 explained 15.0% and
had high loading of methoxychlor and medium loading of mirex (Table S5 and Figure 5a).
According to the source diagnosis results for different OCP groups in Section 3.3, PC1
and PC2 mainly contained compounds with possible fresh inputs and with weathered
profiles, respectively. Therefore, PC1 and PC2 were identified as the current-use source and
historical source, respectively. PC3 contained mirex and methoxychlor. There might also
be current uses for these two compounds. However, they were clearly distinguished from
other current-use pesticides (HCHs, DDTs, and DRINs in our study) (Figure 5a), indicating
the different usages of mirex and methoxychlor. Mirex is mainly used against ants and
termites. Methoxychlor was also widely used in veterinary practices to combat biting
flies, houseflies, mosquito larvae, and cockroaches, aside from the agricultural use [68].
Therefore, PC3 might indicate the veterinary source of pesticides.

Soil samples were not regularly grouped (even for those located nearby) based on
their PC scores (Figure 5b), showing the mixture OCP sources for most soils. For example,
Sites S21–S26 were located nearby (Figure 1), but they were plotted separately in Figure 5b.
This was attributed to the different pesticide uses due to individuals’ cultivation without
unified management in the karst study area. Sites S15 and S19 were separated with
predominant proportions of ∑DDTs (91.6%) and methoxychlor (80.8%), respectively, which
were different from other samples.
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Figure 5. Loading profiles of PCs (a), factor scores of each soil samples (b), and contributions of current-use agriculture
source and current-use veterinary source to the ∑25OCP concentrations in each soil samples (c), based on the PCA + MLRA
analysis. PC1, PC2, and PC3 in (a) indicate the current agricultural use, historical agricultural use, and current veterinary
use, respectively. The point sizes in (b) represent the concentration levels of ∑OCPs. The poor fits between modeled
concentrations and measured concentrations in Sites S15 and S19 in (c) indicate the existence of other dominant pesticide
sources (e.g., agrochemical waste dumps).

Subsequently, the MLRA was performed to apportion the contributions of each source
to the ∑25OCPs concentrations (see Text S1 for methodology details). The factor scores of
PC1 and PC3 entered the regression equation, while PC2 was removed, suggesting the
minor historical agricultural use for OCPs in the soil. The regression of PC1 and PC3 could
merely explain 41.2% of the variation of log∑25OCPs (the dependent variable), indicated
by the adjusted R2 value of 0.412 (Table S6, Figure S5). The fitted MLRA equation had
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statistical significance (ANOVA, p < 0.05, Table S7). The regression coefficients are shown
in Table S8, and accordingly, the regression equation was:

log ∑25 OCPs = 0.566 × PCS1 + 0.368 × PCS3 (1)

where PCS1 and PCS3 were the factor scores of PC1 and PC3, respectively.
The contributions of PC1 and PC3 to the ∑25OCPs concentrations for each soil sample

were then calculated, and are shown in Figure 5c. The MLRA could not exactly model
the high ∑25OCPs concentrations in Sites S15 and S19, indicating that there might be
other dominant sources in these sites, such as agrochemical waste dumps. The current
agricultural use was dominant for the occurrence of OCPs herein, explaining 53.0–68.2%
(average 60.5%) of ∑25OCPs. With the percent contributions of 31.8–47.0%, the current use
of pesticides in veterinary practices should also be of concern.

3.5. Risk Assessment

The Soil Environmental Quality–Risk Control Standard for Soil Contamination of
Agricultural Land (GB 15618-2018) from the China and Soil Remediation Circular 2009,
from the Netherlands, was consulted to indicate the OCP pollution level in the soil. In
the karst study area, the concentrations of ∑HCHs and ∑DDTs were lower than the
Chinese risk screening values (both 1.0 × 105 pg/g) for soil contamination of agricultural
land [74]. Besides, all OCP concentrations were lower than the soil remediation intervention
values for HCHs (1.2 × 106–1.70 × 107 pg/g), DDTs (1.7 × 106–3.40 × 106 pg/g), aldrin
(3.2 × 105 pg/g), and chlordane, endosulfan, and heptachlor epoxide (4.0 × 106 pg/g)
(Table S1) [75], indicating that the functional properties of soil in the karst study area for
human, plant and animal life are not seriously impaired or threatened.

The incremental cancer risks calculated for children, adolescence, and adults were in the
ranges of 9.52 × 10−11–1.46 × 10−8, 8.76 × 10−11–1.14 × 10−8, and 1.31 × 10−10–2.01 × 10−8,
respectively (calculation details were presented in Text S2). The risk for adults was the
highest among the three groups. In each group, males’ risk was slightly lower than that
for females because of males’ higher body weight (Table S9). A risk lower than 10−6 was
considered acceptable [76,77]. Therefore, OCPs in the soil would not pose a significant risk
to residents. Nevertheless, the persistence and lipophilic affinity of OCPs would result in
the bioaccumulation and biomagnification of these substances in crops and livestock, and
they might eventually threaten human health via the food chain. Besides, as discussed in
Section 3.3, fresh inputs of OCPs were found in the karst study area. Therefore, the risk of
OCPs in soil should not be ignored.

4. Conclusions

The soil in karst areas has suffered severe non-point source pollution of agrochemicals
due to the excessive reclamation and improper or illegal use of agrochemicals, which is
especially crucial to control in karst areas since soil contaminants can easily enter surface
water and groundwater owing to the thin patchy soil, fast water runoff, and developed
karst fissures and caves. This study elaborated the occurrences of OCPs in karst soil by
analyzing 25 OCPs in the soil from the Yichang karst area near the Three Gorges Dam,
China. Results showed the total OCP concentrations of 161–43,100 pg/g dw. HCB, α-HCH,
β-HCH, γ-HCH, p,p′-DDT, p,p′-DDD, aldrin, and mirex were frequently detected, of which
p,p′-DDT and mirex were the most abundant compounds. The OCP spatial distributions
were affected by the land-use type and water transport. The isomeric and metabolic
ratios indicated the possible fresh inputs of lindane, technical DDT, aldrin, endrin, mirex,
and methoxychlor. The PCA with MLRA analysis characterized the dominant sources of
pesticides from current agricultural use and current veterinary use in the study karst soil.

The illegal uses and prevalence of OCPs implied the poor agrochemical management
system, and farmers’ relatively weak environmental awareness and low-risk perception
of handling agrochemicals, which might be attributed to poverty, low level of education,
and lack of regulation in the agricultural sector. This social condition is a problem in the
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study area and in many remote karst areas worldwide, which is of great concern. Strict
market regulation and professional training are urgently needed to prevent the illegal
production, sale, and use of prohibited agrochemicals. Government and the public should
recognize the ecological vulnerability in karst areas and take mitigation measures for
sustainable development.
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Abstract: In rhizospheric soil, arsenic can be activated by both biological and abiotic reactions with
plant exudates or phosphates, but little is known about the relative contributions of these two
pathways. The effects of microorganisms, low-molecular-weight organic acid salts (LMWOASs), and
phosphates on the migration of As in unrestored and nano zero-valent iron (nZVI)-restored soil were
studied in batch experiments. The results show that As released by microbial action accounted for
17.73%, 7.04%, 92.40%, 92.55%, and 96.68% of the total As released in unrestored soil with citrate,
phytate, malate, lactate, and acetate, respectively. It was only suppressed in unrestored soil with
oxalate. In restored soil, As was still released in the presence of oxalate, citrate, and phytate, but
the magnitude of As release was inhibited by microorganisms. The application of excess nZVI can
completely inhibited As release processes induced by phosphate in the presence of microorganisms.
Microbial iron reduction is a possible mechanism of arsenic release induced by microorganisms.
Microorganisms and most environmental factors promoted As release in unrestored soil, but the
phenomenon was suppressed in restored soil. This study helps to provide an effective strategy for
reducing the secondary release of As from soils due to replanting after restoration.

Keywords: low-molecular-weight organic acid salts; phosphate; arsenic-contaminated soil;
microorganisms; nano zero-valent iron (nZVI)

1. Introduction

Arsenic (As) is one of the most harmful and widespread pollutants in the natural envi-
ronment, and As-contaminated soils are widespread globally [1]. Hence, the remediation
of soils contaminated with arsenic has become a focus of global concern. Recently, Fe-based
materials, biochar, and composites have been studied as amendments for stabilizing As in
soil [2]. However, further studies have indicated that, among composite materials, Fe-based
materials play a significant role in stabilizing As [3–7]. Among the Fe-based materials
used for remediation in recent years, nano zero-valent iron (nZVI) has received increasing
attention due to its large specific surface area and high reactivity [8].

NZVI is used to immobilize As by promoting the transformation of more mobile
As fractions into less mobile fractions. Hou et al. (2020) found that the proportion of
amorphous hydrous oxide–bound As and residual As was increased after using a sponge
iron filter containing large amounts of zero-valent iron to restore soil [9]. In addition,
Li et al. (2020) found that the percentage of the acid-soluble As decreased, while the
reducible As increased by 25.4%. Zeolite-supported nZVI has been used to immobilize
As in alkaline soils [10]. These studies on the transformation of soil As fractions indicate
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that soil restoration efforts can be effective, because the application of nZVI enhances the
conversion of soluble As to the insoluble fraction. However, several studies have found
that the amorphous hydrous oxide–bound As and the reducible As fraction are potentially
bioavailable [11]. Additionally, An et al. (2019) suggested that chemical analysis alone
is insufficient to assess the ecotoxicological responses of As in soil. Therefore, further
assessment of the biological responses of restored soil is needed to test the stability of the
in situ immobilization of As under actual replanting conditions [12].

The biogeochemical cycle of As involves several physical and chemical processes
(precipitation/solubilization, adsorption/desorption, and redox processes), as well as
biological processes, especially those involving microorganism reactions [13]. Many studies
have verified that microorganisms are a key mediator of the biogeochemical release and
activation of As [14–16]. Several of the potential mechanisms of microbial involvement in
As release have been verified and summarized, including As desorption from adsorption
sites and As release by the reductive dissolution of iron minerals [17,18]. In recent years,
it has been accepted that the development of anoxic conditions in soils leads to increased
As mobility, mainly through direct As(V) reduction to As(III) and reductive dissolution of
Fe(III) minerals [19]. This poses a challenge to practical applications in contaminated sites,
because with either direct plant cultivation or replanting after remediation, processes such
as rhizospheric interaction and fertilization may cause changes in the soil environment.
These changes may also affect the re-release of As via adsorption/desorption processes or
the dissolution of iron minerals.

Plants exude large amounts of photosynthesis-derived carbon (11–40%) via root exu-
dates [20]. Among them, low-molecular-weight organic acids (LMWOAs), as one of the
main exudates, are usually in a dissociated mildly acidic state [21]. Acetic acid, oxalic
acid, malic acid, and citric acid are typical LMWOAs present in plant root exudates [22].
However, unlike typical plants, phytate (inositol hexaphosphate) has been detected in
the root exudates of ferns such as Pteris vittata L. (Chinese Brake fern) [23]. As well as
being active components of root exudates that can mobilize nutrients such as Fe and P,
LMWOAs are also important sources of soil organic carbon [24]. Compared to complex
organic matter (e.g., humic acid), microorganisms often utilize LMWOAs as available labile
carbon sources [21]. The diversity of microbial community structures and the dynamics
of phylogenetic composition can also be regulated by LMWOAs [25]. In addition to being
utilized as organic carbon by microorganisms, LMWOAs can impact the soil environment
via their functional groups. LMWOAs are often used as soil leaching reagents for soil wash-
ing because of their functional groups and organic ligands [2,26,27]. Several experiments
have demonstrated the ability of LMWOAs to extract Fe-bound As and residual As from
soil [28]. Therefore, replanting on stabilized soils is likely to induce the release of As from
the rhizosphere environment.

Phosphorus (P) fertilizers are usually applied to promote plant growth. Phosphate
(PO4

3−), the main component of phosphate fertilizers, has multiple influences on As
bioavailability. Phosphate can significantly suppress the adsorption of As to iron (hydr)oxides
and to soils because of the structural similarity between phosphate (PO4

3−) and arsenate
(AsO4

3−). Ji et al. (2019) and Deng et al. (2020) described in detail the effects of phosphate
on As behavior in paddy soils [29,30]. Phosphorus is also an essential nutrient for both
crops and microorganisms; however, both arsenate and phosphate can be taken up by
bacteria via the same phosphate transporters, such as Pst and Pit [31]. Wang et al. (2020)
demonstrated the occurrence of phosphate-stimulated As(V) reduction via faster bacterial
reproduction and accelerated As desorption/sorption mediated by Bacillus XZM and
suggested that phosphate may regulate the biogeochemical behavior of As [32].

This poses a challenge to practical applications in contaminated sites, because with
either direct plant cultivation or replanting after remediation, processes such as rhizospheric
interaction and fertilization may cause changes in the soil environment. The presence of
LMWOAs and phosphate influences As re-release in the soil via both physicochemical and
microbial processes. There are many studies of the effects of phosphate on As behavior
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with the participation of microorganisms in soils. More consideration has been given to
the physicochemical effects of LMWOAs on As migration in soils [33–38]. However, there
has been comparatively little consideration of the role of microorganisms in the action
of LMWOAs [39,40]. Many studies have demonstrated that As release is closely related
to Fe during the reaction process between As and LMWOAs or phosphate [29,30,35–37].
Therefore, we need to monitor the changes to Fe throughout the whole reaction process,
including Fe(II) and Fe(III). In addition, the effects of these influencing factors on the
re-release of As in soils remediated with nZVI have not been investigated in detail.

In this study, we evaluated the effectiveness of excess nZVI for the remediation of
As-contaminated soils. The study area comprises a transition zone between agricultural
soils and river sediments and has not previously been cultivated. The objectives of the
study were as follows: (1) to determine the influence of low-molecular-weight organic
acid salts (LMWOASs) and phosphates in restored or unrestored soils and (2) to assess the
potential importance of LMWOASs and phosphates for As mobilization with natural soil
microbial communities in restored and unrestored soils.

2. Materials and Methods

2.1. Soil Sampling and Pretreatment

Soil samples were collected in July 2021 from the surface layer (0–20 cm) of As-
contaminated soil in the transition zone between agricultural land and a river in the vicinity
of a gold mine in Dandong, Liaoning Province, China (123◦42′ E, 40◦44′ N). After collection,
the soils were air-dried and then passed through a 2 mm sieve. The characterization
methods for each parameter are summarized in the Supplementary Materials [41,42].

Then, part of air-dried and sieved soil underwent sterilization (121 ◦C for 1 h) using
steam sterilization pot GI54T (Zealway, Xiamen, China) to obtain the sterilized soil. Five
percent (by weight) of nZVI was mixed thoroughly with 20 g of sterile soil in a 100 mL
beaker (group of 40 samples, consisting of restored soil). Nano zero-valent iron (nZVI) was
supplied by Xindun Co., Ltd. (Nangong, China). The remaining sterile soil samples (group
of 40 samples, consisting of unrestored soil) without additions were used as a control. The
mixture was homogenized with a water-holding capacity of ~70% at room temperature for
7 days. The subsamples were then freeze-dried, and the soil-available As was extracted
with 0.5 M NaHCO3 [43].

2.2. Microcosm Experiments

Ten grams of original sieved soil was suspended in 50 mL of sterile 10 mM Tris-HCl
buffer (pH 7.2). These soil suspensions were then used as a source of soil microbial communities.

2.2.1. Experiment I (LMWOASs)

Two grams of dried soil subsample was weighed in 20 mL of brown serum vials and
autoclaved at 121 ◦C for 1 h. Then, sterilized oxalate, citrate, malate, lactate, acetate, and
phytate solutions (10 mL) were added separately to the sterilized restored or unrestored
soil as a carbon source. Specifically, sodium oxalate, sodium citrate, sodium malate, sodium
lactate, sodium acetate, and sodium phytate were added at concentrations of 11.17, 7.17,
7.42, 6.23, 6.84, and 25.66 g/L, respectively, to obtain an initial concentration of total organic
carbon (TOC) of LMWOASs of 2 g/L. Sodium hydroxide and hydrochloric acid were
used to regulate the pH of the LMWOAS solutions to 7.2. The incubation samples were
N2-bubbled for 5 min. Each soil suspension (1 mL) was then inoculated into the serum
vials in biotic groups, and the remaining soil suspensions were autoclaved (121 ◦C, 1 h) and
then inoculated in abiotic controls. Finally, the samples were incubated under anaerobic
conditions at 30 ◦C in the dark on a reciprocal shaker (120 rpm). All treatments were carried
out in triplicate. The soil was sampled after 3, 10, 17, 24, and 38 days of incubation.
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2.2.2. Experiment II (Phosphates)

Microcosm incubations were constructed in 20 mL of brown serum vials containing 2 g
of sterilized restored or unrestored soil and 10 mL of sterilized medium. The salt medium
supplement used in this study was modified from Yamamura et al. (2003) and contained
(per L): (NH4)2SO4 (2.27 mM), MgSO4·7 H2O (0.57 mM), NaCl (1.71 mM), KH2PO4 (0.0,
0.07, 0.35 mM), Na2HPO4·12 H2O (0.0, 0.06, 0.30 mM), C3H5O3Na (20 mM), and 1 mL
of trace element solution [44]. The final concentrations of P in the medium were 0 mM,
0.13 mM, and 0.65 mM. The pH of the medium was adjusted to 7.2. The incubation samples
were N2-bubbled for 5 min, and each soil suspension (1 mL) was then inoculated into the
serum vials. Finally, the samples were incubated under anaerobic conditions at 30 ◦C in the
dark on a reciprocal shaker (120 rpm). All treatments were carried out in triplicate. The soil
was sampled after 1, 2, 3, 4, 5, 7, 9, and 11 days of incubation.

2.3. Geochemical Analysis

The pH and oxidation–reduction potential (ORP) of the microcosm slurries were
measured using a PB-10 device (Sartorius, Germany) and a portable ORP meter (HACH,
Shanghai, China), immediately after sampling. When HCl-extractable Fe(II) was analyzed,
1 mL of 2 M HCl was mixed with the same volume of slurry and then mixed vigorously
before filtration [45]. The supernatants in the brown serum vials were collected and filtered
through a 0.22 μm polytetrafluoroethylene (PTFE) membrane after centrifugation (1100× g
for 10 min) with a 3K15 high-speed centrifuge (SIGMA, Germany). Slurries were also
filtered through a 0.22 μm filter. Fe(II) was quantified using the 1,10-phenanthroline
colorimetric method using a UV1800 spectrophotometer (Shimadzu, Japan) [46], which
was conducted immediately. Part of the filtrate was acidified with 0.1 M HNO3, and
then total As, Fe, and P were analyzed by inductively coupled plasma–optical emission
spectroscopy (ICP–OES) (Spectro Blue Sop, Germany). The ferric iron was calculated from
the concentrations of total iron and ferrous iron. TOC levels were determined using TOC-L
CPH equipment (Shimadzu, Japan). The instrument parameters for ICP−OES and TOC-L
CPH equipment are summarized in the Supplementary Materials [41,42].

2.4. Quality Assurance/Quality Control (QA/QC) and Statistical Analysis

For quality assurance and quality control, measures for quality assurance and quality
control were taken in the experimental design and laboratory analyses. All control and
experimental treatments were carried out in triplicate throughout the whole experiment. In
routine analysis, for every 10 samples, 1 laboratory blank, 1 parallel sample, and 1 spiked
blank sample were added to the measuring sequence. If the sample number was less than
10, then 1 laboratory blank, 1 parallel sample, and 1 spiked blank sample were also taken.

In our analysis, the concentrations of target substances in all blanks were less than the
corresponding MDLs. The standard solutions were provided by Beijing Wanjia Shouhua
Biotechnology Co. (Beijing, China). The Chinese national standard was provided by the
National Research Center for certified Reference Materials of China. The recovery range of
spiked blank was 94–103%. The relative standard deviation (RSD) was lower than 5% for all
of the tests. All statistical analyses were performed using IBM SPSS Statistics version 22.0.

3. Results and Discussion

3.1. Arsenic Release under LMWOAS Treatments in Unrestored Soil

The basic physical and chemical properties of the soils are given in Table 1. The results
of other characterizations are shown in the Supplementary Materials [41,42].

A comparative analysis under different LMWOAS treatments revealed significant
differences (p < 0.05) in As release from in situ soil (Figure 1). The effectiveness of As
release under the LMWOAS treatments in abiotic control assays are ordered as follows:
oxalate > phytate > citrate > malate > lactate > acetate. However, for the biotic microcosms,
the dissolved As released from each group changed over time. The final rank order of the
treatments after 38 days was as follows: malate > acetate ≈ lactate ≈ oxalate ≈ phytate > citrate.
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The maximum release of As in the biotic control assay was observed with the addition of
malate, which released 18.47% of the arsenic in the soil.

Table 1. Basic physical and chemical properties of the studied soil.

Property Value/Content

pH 7.61
Organic matter/(mg/kg) 10,500

Total C/(mg/kg) 14,500
Total P/(mg/kg) 549
Total S/(mg/kg) 3200
Total N/(mg/kg) 636
Total Fe/(mg/kg) 33,400
Total As/(mg/kg) 1944

Available As/(mg/kg) 35

Figure 1. Dissolved As release as a percent of total As in soil under biotic (a) and abiotic (b) conditions
with different LMWOAS amendments in unremediated soils.

Biotic and abiotic control groups treated with the same LMWOAS were then further
analyzed. In all abiotic controls, minor As release occurred in the malate, lactate, and
acetate treatment groups. However, in the oxalate, citrate, and phytate treatments, signifi-
cant amounts of As were still released under sterilized conditions, and there were small
differences from the unsterilized conditions. Compared to the abiotic control assays, the
microorganisms inhibited the release of As in oxalate treatments, and the release of As
in the other five treatments was promoted (Figure 2). In all biotic cases, As release from
the slurries failed to plateau during the experimental period, suggesting the potential for
further release of As with longer incubation times.

Low-molecular-weight dissolved organic carbon can enhance the biotic or abiotic
reductive dissolution of iron oxides, oxyhydroxides, and hydroxides in the presence or
absence of Fe(III)-reducing microbial communities [47]. In addition, HCl-extractable Fe(II)
is biologically available to microorganisms, and it could represent predominant biological
and chemical sources of Fe(II) species produced by ferric iron reduction and could keep
their concentration and valence state stable during the extraction [48]. The HCl-extractable
total Fe(II) includes dissolved and solid-phase Fe(II). Since the Fe(II) content of the super-
natant constituted a very small proportion of the HCl-extractable total Fe(II), no significant
correlation was found between As and Fe(II) in the aqueous solution (Figure S1). Therefore,
only the solid-phase Fe(II) concentration was further analyzed. Data for solid-phase Fe(II)
for the six samples are shown in Figure 2. In general (except for the oxalate treatment), the
solid-phase Fe(II) concentrations of the remaining five biotic control groups were much
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higher than those of the abiotic control groups. In contrast, there was no clear relationship
between the solid-phase Fe(II) or soluble As in different LMWOAS treatments. However,
when the data from the six soil samples are plotted together, except for the oxalate treat-
ment, which showed no relationship, a significant relationship between the solid-phase
Fe(II) and soluble As for the other individual soil samples was observed (p < 0.05). The R2

value for the five soil samples ranged from 0.332 to 0.958 (Figure 3).

Figure 2. Variation in dissolved As in the supernatant and solid-phase Fe(II) as percent extracted of
total in soil under biotic and abiotic conditions with different LMWOAS amendments in unremediated
soils. (a) Oxalate, (b) citrate, (c) phytate, (d) malate, (e) lactate, (f) acetate.

Song et al. (2010) showed that the primary mechanism by which low-molecular-weight
organic acids or their salts promote the release of heavy metals may not reside in the action
of acid but rather in the action of organic anions [49]. The solid-phase Fe(II) concentrations
of the malate, lactate, and acetate treatments in the abiotic control group always showed
very little variation, and the release of As was always low. This result indicates that these
three LMWOASs have a low capability of reductive or non-reductive dissolution of iron
minerals in soils under sterile conditions. The competitive desorption ability of As was
weak under sterile conditions. However, with the application of these three LMWOASs,
the participation of microorganisms significantly promoted the reductive dissolution of
iron minerals and greatly enhanced the release of As from the soil. The changes in As and
solid-phase Fe(II) concentrations in lactate and acetate treatment groups showed a similar
tendency to that observed by Wang et al. (2021) [50]. One possible reason that the largest
amount of iron reduction and arsenic release was observed in the biotic malate treatments
is the mitochondrial Krebs cycle in fungi [51]. Several experiments have demonstrated
that malate is closely associated with the migration and transformation of Fe and As in
the plant rhizosphere [52,53]. The results show that microorganisms probably affect the
behavior of As in the LMWOA–transition zone soil mixtures.

68



Int. J. Environ. Res. Public Health 2022, 19, 4512

Figure 3. Relationships between dissolved As and HCl-extractable solid-phase Fe(II) for unremedi-
ated soil with different LMWOAS amendments.

The citrate and phytate treatment groups released large quantities of As under ster-
ile conditions. Additionally, the Fe(II) concentration in the sterile supernatant was also
consistently high (Figure S2). Both the solid-phase Fe(II) concentration and As release
increased after microbial involvement in the reaction. This indicates that, on the one hand,
the hydroxyl group and the carboxyl group of citrate and the orthophosphate moieties
of phytate can promote the abiotic release of As and Fe(II) from soils. On the other hand,
microbial action can develop a synergy with abiotic action to further promote As release
from the LMWOAS–transition zone soil mixtures.

The oxalate treatments showed little difference in the solid-phase Fe(II) concentration
in the presence or absence of microorganisms. The differences in Fe(II) concentration
suggest that the chemistry of oxalate is mainly responsible for promoting the reaction
with iron minerals. The release rate of As gradually decreased in oxalate treatments. The
insoluble Fe(III)–organic complexes that formed covered the surface of the binding site and
led to a block in the release of ions [54]. Since the release of arsenic is mainly the result of the
chemical role of oxalate, the phenomenon becomes more pronounced in oxalate treatments.
Additionally, based on the release of As from the solution, microorganisms inhibit the
release of As from the soil in the presence of oxalate. This result is consistent with that
of Mei et al. (2022), who found that microorganisms may facilitate the release of As from
sediments in the presence of citric and malic acids, but they suppress As mobilization in
the presence of oxalic acid. After sterilization, the As extraction from sediments by citric
and malic acids decreased, whereas the extraction by oxalic acid increased [39].

3.2. Arsenic Release under LMWOAS Treatments in Restored Soil

The remediation effect was determined by NaHCO3 extraction after 7 days’ remedia-
tion by applying excess nZVI. According to the available As concentration extracted before
and after the remediation, the repair efficiency was ~70%. Compared with the unrestored
soil, there was little change in the ORP range throughout the experiment. However, the pH
of the soil slurry increased in restored soil due to the oxidation of nZVI and the release of
OH- (Figure 4) [55]. The citrate and phytate treatments showed a greater change (pH and
ORP in sterilized incubations are not shown).
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Figure 4. Soil pH and ORP distribution under biotic conditions with different LMWOAS amendments
in unrestored (a) and restored (b) soils.

For amendments with different LMWOASs, the concentrations of dissolved As and
Fe(II) in the supernatant are shown in Figure 5. Only Fe(II) in the supernatant was ana-
lyzed due to the problem of significant interference with HCl-extractable Fe(II) with the
application of excessive nZVI.

Figure 5. Variation in dissolved As and Fe(II) in the supernatant as percent extracted of total in
soil under biotic and abiotic conditions with different LMWOAS amendments in remediated soils.
(a) Oxalate, (b) citrate, (c) phytate.

In the restored soil, with the application of excess nZVI, the soluble Fe(II) in the malate,
lactate, and acetate amendments showed similar trends compared to the unrestored soil
(Figure S3). Relatively minor As release occurred, regardless of the presence or absence of
microorganisms in the soil. According to these data, we speculate that excess nZVI led to
a significant increase in the number of adsorption sites. Hence, the As released by either
microbial reductive dissolution or desorption was immediately readsorbed.

Although the release of As initially occurred with oxalate, citrate, and phytate amend-
ments in restored soil, the release was significantly lower than that in unrestored soil. On
the one hand, nZVI reduced As mobility. On the other hand, oxalate, citrate, and phytate
could maintain As release. The added oxalate extensively formed strong complexes with
iron, which can prevent the precipitation of a new iron oxide phase and can inhibit the
mechanisms of nZVI repair during As release [56]. Under near-neutral pH conditions,
Fe(III)–citrate can accelerate As release in the presence of arsenopyrite [57]. It was reported
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that phytic acid solubilized 39% of poorly soluble FeAsO4, while citric and oxalic acid
solubilized 32 and 10% because of their stronger complex stability with Fe [58]. Moreover,
the As(V) re-release amount changed with the aging time of ferrihydrite. The effect of
organic ions such as oxalate, citrate, and phytate on the As(V) release tendency is associated
with factors such as the As loading rate and ligand concentration in Fe–As complexes and
leads to higher As(V) re-release after longer ferrihydrite aging time [59].

At the beginning of the experiment, the magnitude of As release in the abiotic control
group occurred in the following order: phytate > oxalate ≈ citrate amendment. In the biotic
control groups, the release of As occurred in the following order: phytate > oxalate > citrate
amendment. In the oxalate treatment groups, the trend of the release of As and Fe(II) in the
restored soil was the same as that in the unrestored soil. The As release increased gradually
over time, but microorganisms inhibited its release.

Due to the citrate and phytate and microorganisms acting synergistically, significant
dissolution release of Fe(II) occurred in the restored soil with the addition of citrate and
phytate. With the participation of microorganisms, the release of As showed an initial
increasing trend, followed by a decreasing trend. The reason for this may be because
As was initially released by synergistic action. However, because of large amounts of
soluble Fe(II) in the solution and the alkaline soil pH, secondary minerals were formed
that captured As, leading to its re-immobilization. A similar phenomenon was observed
by Wang et al. (2021) and Cai et al. (2020) [50,60]. Compared to the experimental biotic
group, the amount of As released was much greater, although the abiotic control group also
released significant amounts of Fe(II). In parallel, the sterilized and unsterilized groups
had similar pH values (Figure S4). Therefore, we speculate that microorganisms actively
participate in the formation of secondary minerals under such conditions.

3.3. Effect of Phosphate on as Release in Restored and Unrestored Soils

During previous experiments with LMWOASs, the concentration of P in the super-
natant was also measured. Because phytate itself carries a large quantity of P, which
interferes with the measurement results, the phytate treatment group was excluded when
comparing P concentrations. The remaining LMWOAS groups in the abiotic and biotic
groups had similar P concentrations (Figure 6). The maximum P concentration occurred
on the 3rd day, and subsequently, on the 10th day, the concentrations decreased and then
remained stable. This phenomenon suggests that the release of P is due to the perturbation
of the soil environment caused by the addition of the solution. By the third day, there was a
significant correlation between the As and P concentrations in the supernatant of the five
groups (p < 0.01). This likely demonstrates the physicochemical effect of P on the release
of As in the initial period of the reaction. Therefore, we investigated whether the role of
exogenous P input on As release was facilitated by the participation of microorganisms.

The changes in soluble P and As concentration in the unrestored soil are shown in
Figure 7. The results clearly show that high P concentrations increase the initial As release,
which was evident in the results for the 1st day. The higher the P concentration applied,
the greater the As release, which is probably because phosphate promotes the release of As
from the soil via competitive adsorption. However, it should be noted that the release of
As still increased when the P concentration leveled off. This may be because the presence
of phosphate promotes microbial action, resulting in persistent As release. Arsenate and
phosphate create competition for the same transport channel protein. Phosphate stimulated
As release due to fast bacterial reproduction because increasing phosphate concentration in
the environment appears to decrease the growth inhibition attributed to the presence of
arsenate [32].
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Figure 6. Dissolved P release as a percent of total P in soil under (a) biotic and (b) abiotic conditions
with different LMWOAS amendments in unremediated soils.

Figure 7. Variation in dissolved As, Fe(II), and Fe(III) concentrations in the supernatant under biotic
conditions with different phosphate concentrations in unrestored and restored soils. (a) Unrestored,
0 mM, (b) unrestored, 0.13 mM, (c) unrestored, 0.65 mM, (d) restored, 0 mM, (e) restored, 0.13 mM,
(f) restored, 0.65 mM.

Although we found a higher initial release of As in the 0.65 mM phosphate groups,
the 0.13 mM phosphate groups eventually released the most As at the end of the reaction
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(Figure 8). The proportion of soluble Fe(II) in the released dissolved Fe was the highest in
the 0.13 mM phosphate groups. One possible explanation for the lower Fe(II) levels in the
0.65 mM phosphate groups is that dissolved Fe(II) reacts with the excess P to precipitate
as Fe3(PO4)2 (vivianite). A similar phenomenon was observed by Zhang et al., (2017);
additionally, the lack of P may lead to lower microbial activity in the 0 mM phosphate
groups [14]. A significant positive correlation (p < 0.01) was observed between soluble
Fe(II) and As in the solutions of the three groups (Figure 9).

Figure 8. Dissolved As release as a percent of total As in soil under biotic conditions in restored and
unrestored soils with different phosphate concentrations.

In the unrestored soil, the P concentration in the 0.65 mM phosphate groups gradually
decreased and eventually remained stable, but we did not detect the release of P in the
supernatant in the 0 and 0.13 mM phosphate groups. It was previously suggested that As
is translocated with Fe during redox changes, whereas phosphate is not affected by redox,
likely because phosphate is adsorbed onto non-reduced iron oxides [61]. Therefore, it is
possible that we could not observe P in the supernatant because the original P in the soil
and the low concentration of exogenous P were stabilized in the soil by the soil matrix.
While the soil could not completely absorb the high concentration of exogenous P input
at the beginning, it was gradually stabilized in the soil as the reaction progressed. In the
restored soil, even high concentrations of exogenous P were immobilized by the presence
of excess nZVI, so no P release was observed in the supernatant.

No As release was observed in the restored soil even when more iron was released
(Figure 7). In particular, in the 0.65 mM phosphate groups, neither As nor P was released
into the supernatant. We speculate that the phenomenon is due to the high affinity of the Fe
oxide shell of nZVI for PO4

3− through surface complexes including electrostatic attraction
and chemical binding (Fe-O-P) [62]. The result showed a similar tendency to that observed
by Huang et al. (2019) [63]. The experimental results show that excess nZVI may, to some
extent, avoid the competitive desorption caused by phosphate input and the effect of the
Fe reduction process promoted by microorganisms.
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Figure 9. Relationship between dissolved As and Fe(II) for unremediated soil with different phos-
phate concentrations.

4. Conclusions

The secondary release of As in rhizospheric soil has been neglected in previous studies
and deserves special attention. Microorganisms play the dominant role in the process of As
release, and the interactions of As, microorganisms, LMWOASs, and phosphates during
the process were investigated in this study. Microorganisms showed complex inhibition or
facilitation effects during the release of As. NZVI is widely applied for the remediation of
As-contaminated soil, and it suppressed the majority of As release in this study. This study
improves our understanding of As mobilization and transformation in the rhizosphere and
helps to provide an effective strategy for reducing the secondary release of As from soils
due to replanting after restoration.
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Abstract: Arsenic (As) in leafy vegetables may harm humans. Herein, we assessed As accumu-
lation in leafy vegetables and the associated physiological resistance mechanisms using soil pot
and hydroponic experiments. Garland chrysanthemum (Chrysanthemum coronarium L.), spinach
(Spinacia oleracea L.), and lettuce (Lactuca sativa L.) were tested, and the soil As safety threshold values
of the tested leafy vegetables were 91.7, 76.2, and 80.7 mg kg−1, respectively, i.e., higher than the
soil environmental quality standard of China. According to growth indicators and oxidative stress
markers (malondialdehyde, the ratio of reduced glutathione to oxidized glutathione, and soluble
protein), the order of As tolerance was: GC > SP > LE. The high tolerance of GC was due to the
low transport factor of As from the roots to the shoots; the high activity of superoxide dismutase,
glutathione peroxidase, and catalase; and the high content of phytochelatin in the roots. Results of
this work shed light on the use of As-contaminated soils and plant tolerance of As stress.

Keywords: heavy metals; garland chrysanthemum; lettuce; antioxidant defense enzymes; GSH; PCs

1. Introduction

Arsenic (As) is a non-metal, but as its toxicity and some of its properties are similar to
those of heavy metals, it is generally included in the range of heavy metal pollutants [1].
The density of As is 5.727 g cm−3, and it is toxic and biologically non-essential. Many
countries, including China, the United States, and Canada, have listed it as an environmen-
tal priority pollutant [2]. Direct exposure to As pollution will lead to liver poisoning and
kidney damage, further causing hypertension, cardiovascular disease, and even cancer [3].
Environmental pollution such as heavy metal contamination has also been reported to
increase the risk of mental disorders in humans [4]. There are even reports that the living
environment and diet of captive giant pandas in China contain heavy metals, such as
As and cadmium (Cd) [5]. In 2016, the State Council of China issued the “soil pollution
prevention and control action plan”, which shows that China’s soil pollution control has
become an increasingly urgent problem.

According to the bulletin of China’s national survey, inorganic pollutants are mainly
responsible for soil pollution in China. Notably, the exceedance rate of soil As pollution
points was 2.7%. It is difficult and impractical to eliminate heavy metal contamination in
the soil [6,7]. Assessing how to reasonably and safely use contaminated soil has important
theoretical and practical significance. Although the distribution area of heavy metal pollu-
tion is wide, the distribution of pollutants in the soil is shallow, and the degree of pollution
is light. Thus, the cultivation of food or vegetable crops with a low-enrichment capacity is
feasible [8,9]. Heavy metals in the environment enter the human body through the food
chain. Vegetables are an indispensable food for human beings, being rich in vitamins,
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minerals, and crude fiber necessary for the digestive system. Leafy vegetables are believed
to be more vulnerable to heavy metal pollution than other crops, such as Solanaceae, Brassica
oleracea, root vegetables, shallots, and legumes [8,10,11]. They therefore have a higher
potential safety risk, and thus their contamination is of great concern worldwide.

The mechanism of Cd enrichment and tolerance in the three leafy vegetables has been
explored [12]. The mechanism of plant response to As is similar to that of Cd. Enzymes
within the antioxidant system are responsible for scavenging reactive oxygen free radicals
in cells caused by heavy metals, and the thiol pool is related to the compartmentalization
of heavy metals in cells [13]. However, there are few reports on the response mechanism
of garland chrysanthemum (GC), spinach (SP), and lettuce (LE) to As stress. This study
aimed to compare the As bioconcentration factors of different leafy vegetables and reveal
the associated mechanisms to provide a basis for the rational and effective utilization of
heavy metal contaminated soil.

2. Materials and Methods

2.1. Soil Pot Experiment

The pot experiment was completed under a shelter from 6 March to 25 April 2015.
The shelter was ventilated, light-transparent, and rainproof, and its temperature was the
same as the temperature outside. The vegetable seeds were purchased from the Shaanxi
Hua-xing Green Seed Company (Yangling, Shaanxi 712100, China). On 6 March, spinach
(Spinacia oleracea L.), lettuce (Lactuca sativa L.), and garland chrysanthemum (Chrysanthe-
mum coronarium L.) were sown in black pots with a top diameter, bottom diameter, and
height of 14, 10, and 12 cm, respectively. There were three small holes in the bottom of
each pot, and the pots containing plant seeds were placed in a plastic tray to prevent soil
erosion when watering. Water was added to the plastic tray to retain soil moisture during
the experiment, and 1.6 g of basal fertilizer (15-15-15) was applied to each pot. Based on
previous investigations of heavy metal pollution in soil, cultivated soil (0–20 cm) from veg-
etable fields with different degrees of pollution in the Baqiao District, Weiyang District, and
Lintong District of Xi’an city (China) was collected. A total of 12 treatments (i.e., different
As levels; as shown in Figure 1, the As concentration in the soil was 12.63–28.31 mg kg−1)
were performed with three types of leafy vegetables (three repetitions) and 108 pots.

2.2. Hydroponic Test

The hydroponic test was carried out in a light incubator with a light intensity of
20,000 lx. The experiment took place with a photoperiod of 16 h of light (23 ◦C) and 8 h
of darkness (15 ◦C). The seeds had been soaked in sterile water for 6–8 h prior to the
experiment, then germinated in the seedling tray for about 10 days, and finally cultured
with 1/10 modified Hogland solution. The hydroponic nutrient solution contained the
following [14]: 0.1 mM NH4H2PO4, 0.505 mM KNO3, 0.15 mM Ca(NO3)2, 0.1 mM MgSO4,
1.64 μM FeSO4, 0.91 μM MnCl2, 0.03 μM CuSO4, 0.16 μM ZnSO4, 4.63 μM H3BO3, 0.06 μM
H2MoO4, and 0.81 μM Na2EDTA. The hydroponic device was a cylindrical container with
a diameter and height of 12 and 15 cm, respectively. The outside of the container was
wrapped in black plastic to shade the roots. A sponge plate with two holes was placed
above the hydroponic container to fix the leafy vegetables. The As concentrations of the
hydroponic treatment (four repetitions) were 0 μM (0), 200 μM (As1), and 400 μM (As2).
The compound used in the hydroponic test was sodium dihydrogen arsenate (Na2HAsO4).
Vegetable seedlings were treated in the As solution on day 24 and harvested on day 31.
Hydroponic As treatment was carried out for 7 d. The leafy vegetable samples were deter-
mined immediately after harvesting. The fresh samples were stored in liquid nitrogen for
subsequent testing, whereas the dry samples were crushed for dry weight determination.
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Figure 1. Bioconcentration factor (A,B), absorption (C), vegetable As concentration (D,E), and BRS
values (F) in the soil test. Note: The different lowercase letters in the figure indicate significant
differences between different vegetables (5% levels). The symbols * and ** indicate that the difference
between values is significant at the respective 5% and 1% levels.

2.3. Assay Methods

Plant sampling method: For the soil pot experiment, when harvesting, scissors were
used to destroy the pot, and the leafy vegetable roots and soil were taken out completely,
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soaked in a bucket and rinsed gently with water until all the plants and roots were clean.
For the hydroponic experiment, the roots of vegetable plants were cut directly from the
stem base and washed with deionized water 4 times. The method of removing metal ions
attached to the root surface was to immerse the root in 20 mM Na2-EDTA for 15 min [15].

For the determination of chlorophyll content [16], 80% acetone was used to extract
total chlorophyll (a, b) and carotenoids, and the contents were calculated by the formu-
las: chl a (μg/mL) = 12.7 OD663–2.69 OD645; chl b (μg/mL) = 22.9 OD645–4.68 OD663;
car = 20.2 D645 + 8.02 D663.

For the determination of As content [15], the soil and vegetable samples were di-
gested with aqua regia-perchloric acid and 10% nitric acid (HNO3). The soil-available
arsenic was extracted with 0.1 mol·L−1 hydrochloric acid (HCl). The As content was de-
termined using an inductively coupled plasma mass spectrometer (ICP-MS 7500, Agilent,
Santa Clara, CA, USA).

The oxidative stress marker malondialdehyde (MDA) [17] was determined by the 0.5%
thiobarbituric acid (TBA) method, which produces a reddish-brown color reaction with
MDA in the tissue. Soluble protein was measured with Coomassie Brilliant Blue G-250.

To determine the plant superoxide dismutase (SOD), glutathione peroxidase (POD),
and catalase (CAT) enzyme activities [16], the activities of SOD and CAT were quantified
on a Shimadzu UV-2450 spectrophotometer (Japan) by measuring the ability to inhibit the
photochemical reduction of nitroblue tetrazolium (NBT) and by monitoring the disappear-
ance of H2O2 at 240 nm. The activity of POD was quantified by catalyzing the oxidation of
guaiacol to brown products.

The determination of the thiol pool (cysteine (cys), γ-glutamylcysteine (γ-EC), reduced
glutathione (GSH), and phytochelatins (PCs)) was as follows [18]: The determination of cys
was measured by an acidic ninhydrin reagent at 560 nm. The γ-EC and PC determination
method used mBBr to derivatize thiol, and γ-EC, PC2, and PC3 were used as standard ma-
terials for the determination of thiol by high-performance liquid chromatography (HPLC)
coupled with parallel mass spectrometry for thiol-containing compounds in the plant
samples. For the determination of GSH and GSSG, the absorbance was read at 412 nm by
adding phosphate buffer (100 mM, pH 7.0) and 5′5-dithiobis-2-nitrobenzoic acid (DTNB) to
the supernatant.

2.4. Standards and Calculation Formulas

The criteria for judging soil pollution were as follows: the ”Agricultural Land Soil
Pollution Risk Screening Value“ (pH > 7.5, As: 25 mg kg−5; 6.5 < pH ≤ 7.5, As: 30 mg kg−1;
5.5 < pH ≤ 6.5, As: 40 mg kg−1; pH ≤ 5.5, As: 40 mg kg−1) according to China’s Soil
Environmental Quality Standard (GB 15618-2018).

The calculation of the critical value of heavy metal safety was done as follows: First,
the concentration of As in the edible vegetables (y, mg kg−1) and the concentration of As in
the soil (x, mg kg−1) were used to fit the linear equation, and then the limit value of heavy
metal in the leafy vegetables [the “Limits in Foods” standard (GB2762-2017) stipulates that
the limit value of As is 0.5 mg kg−1 FW] was substituted into the equation. Finally, the
obtained x value was the safety threshold of soil As.

BCF1 =
a
b

where BCF1 is the bioconcentration factor of the soil total As; a is the concentration of As in
the vegetable shoot (mg kg−1 FW); b is the total concentration of the soil As (mg kg−1).

BCF2 =
a
c
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where BCF2 is the bioconcentration factor of the soil HCl-extracted As; a is the concentration
of As in the vegetable shoot (mg kg−1 FW); c is the soil HCl-extracted As concentration
(mg kg−1).

TI(%) =
DWt

DWck
∗ 100

where TI is aboveground/root/total tolerance index; DWt is the average dry weight of
shoots/roots/total plant in the As treatment group; DWck is the shoot/root/total average
dry weight in the control group.

BRS(%) =
BIOt − BIOck

BIOck
∗ 100

where BRS is biomass response to stress; BIOt is the biomass in the As treatment group;
BIOck is the biomass of the control vegetable.

TF =
x
y

where TF is the transfer factor (i.e., the concentration ratio); x is the As concentration in the
shoots; y is the As concentration in the roots.

Absorption =
d × e
1000

where Absorption is the As absorption of each leafy vegetable (μg); d is the vegetable As
content (mg kg−1); e is dry weight of the vegetable (mg).

SR ratio =
g
h

where SR ratio (i.e., the accumulation ratio) is the accumulation ratio of shoot As to root As;
g is As absorption (shoots); h is As absorption (roots).

2.5. Data Processing Methods

As shown in Figure 1D, the univariate linear regression was performed using SAS
V8 software (North Carolina State University, Raleigh, NC, USA). ANOVA (analysis of
variance) was performed, and Duncan’s test was used for multiple comparisons in the SAS
program. As shown in Figure 1F, the ‘TTEST’ process of SAS software was run, which was
used for the significance testing of the difference in unpaired data means. SPSS 20.0 (IBM
Inc., Armonk, NY, USA) was used for the two-way ANOVA. GraphPad Prism6 (La Jolla,
CA, USA) was used to construct the graphs.

3. Results

3.1. The As Stress Test of Leafy Vegetables in the Soil

The bioconcentration factor of GC was significantly higher than that of SP and LE
(Figure 1A,B). The amount of As absorbed in the edible parts of GC was significantly
higher than that of SP and LE (Figure 1C). Figure 1D,E show the relationship between
the As content in the edible parts of the vegetables and the total As content in the soil or
HCl-extracted As content, and there was a linear positive correlation between the two. The
equation of the line is shown in Figure 1D. The heavy metal limit (0.5 mg kg−1 FW) was
substituted into the equation. The calculated soil safety critical values of GC, SP, and LE
were 91.7, 76.2, and 80.7 mg kg−1, respectively. Figure 1F shows the BRS values of the
vegetables in the soil. When the As content in the soil was 24.86 mg kg−1, the BRS value of
LE was −31.41%. When the As content in the soil was 24.69, 25.44, and 27.04 mg kg−1 (the
respective soil organic matter content was 14.0, 13.1, and 11.0 g kg−1), the BRS values of SP
and LE were positive, which may be due to the higher organic matter content in the soil.
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The biomass of the vegetables showed a significant downward trend (Figure 2A,C,E)
with the increase in As concentration in the hydroponic solution. However, under the As1
treatment, there was no significant change in the total biomass and the shoot and root
biomass of GC compared to the CK treatment. The As TI of the whole plant, shoots, and
roots of GC was significantly higher than that of SP and LE (Figure 2B,D,F). The TI of SP
was slightly higher than that of LE, but not significantly so.

Figure 2. Biomass (A,C,E) of GC, SP, and LE and the TI of the plants to As in the hydroponic
test (B,D,F). Note: Different lowercase letters in the figure indicate comparisons between different
vegetables under the same treatment; different uppercase letters indicate the comparison of the same
vegetable under different treatments (5% levels). The symbol * indicates that the difference in values
between As1 and As2 was significant at the respective 5% levels. The error bars in the graph indicate
the SEM (standard error of the mean).
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As shown in Figure 3, the chla, chlb, car, and chla+b of the vegetables decreased with
the increase in As content in the hydroponic treatment (Figure 3A–C,E). The decrease in
the chla, chlb, car chla/b, and chla+b content in LE was the smallest among all of the
vegetables, and the results were not significant. It can be seen from Figure 3D that under
the As1 treatment the chla/b value of the vegetables was significantly higher than that of
CK and As2.

Figure 3. The content of chlorophyll (chla, chlb) (A,B) and carotenoids (car) (E) and the values
of chla+b (C) and chla/b (D) of GC, SP, and LE under hydroponic As treatment. Note: Different
lowercase letters in the figure indicate comparisons between different vegetables under the same
treatment; different uppercase letters indicate the comparison of the same vegetable under different
treatments (5% levels). The error bars in the graph indicate the SEM (standard error of the mean).
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3.2. As Enrichment and Distribution in Plants

As the concentration of As in the hydroponic solution increased, the As concentration
in the shoots and roots of the vegetables increased (Figure 4A,C). The concentration of As
in the shoots and roots of SP was high. By contrast, the concentration of As was low in the
shoots of GC but high in the roots of GC. The As concentrations in the shoots and roots
of LE were both low. The absorption of As by the shoots and roots of LE was very low,
while that of GC was high (Figure 4B,D,E). Figure 4F shows the TF of As from the roots to
the shoots of the vegetables. The TF of GC was the lowest, and there was no significant
difference in TF between SP and LE.

Figure 4. The As concentration (A,C), As absorption amount (B,D,E), and the root-to-ground TF of
As (F) under hydroponic culture. Note: Different lowercase letters in the figure indicate comparisons
between different vegetables under the same treatment (5% levels). The symbol * indicates that
the difference between values is significant at the respective 5% levels. The error bars in the graph
indicate the SEM (standard error of the mean).

3.3. Oxidative Stress Biomarkers and Antioxidative Defense Enzymes

The SOD activity in the shoots of GC and LE decreased compared with CK, while
there was an increasing trend in SP (Figure 5A). Under As treatment, the activity of SOD
in the roots of GC increased, whereas SP and LE remained unchanged (Figure 5B). The
As treatment increased the POD enzyme activity in the shoots of GC and SP, while that
of LE remained unchanged (Figure 5C). The POD activity in the roots of GC increased,
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while that in SP and LE remained unchanged (Figure 5D). The activity of CAT in the shoots
of GC and LE remained unchanged, while that in SP decreased significantly (Figure 5E).
Compared with the CK treatment, the CAT activities of the roots of the three vegetables were
significantly decreased (Figure 5F). Under As treatment, the activities of SOD (Figure 5A)
and POD (Figure 5C) in the shoots of SP were significantly higher than those of GC and LE.
The SOD activity of the roots of SP was higher than that of LE but lower than that of GC
(Figure 5B). The activities of SOD, POD, and CAT in the roots of GC were the highest among
the three vegetables (Figure 5B,D,F). Under As treatment, there was no significant difference
in CAT enzyme activity in the aboveground parts of the three vegetables (Figure 5E,F).

Figure 5. SOD (A,B), POD (C,D), and CAT (E,F) activities in the shoots and roots of GC, SP, and LE
in the hydroponic As treatment. Note: Different lowercase letters in the figure indicate comparisons
between different vegetables under the same treatment (5% levels). The symbol * indicates that
the difference between values is significant at the respective 5% levels. The error bars in the graph
indicate the SEM (standard error of the mean).

Figure 6 indicates that compared with CK the As treatment increased the MDA content
in the shoots and roots of the vegetables (Figure 6A,B). The MDA content in the upper part
of LE was significantly higher than that in GC, and the MDA content in the roots of SP
was the lowest. Furthermore, under As treatment, the proportion of GSH/GSSG in the
upper part of SP was significantly higher than that in the CK treatment (Figure 6C) and
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was significantly higher than that of GC and LE. The As treatment increased the ratio of
GSH/GSSG in the roots of GC and SP and decreased the ratio of GSH/GSSG in the roots of
LE (Figure 6D). The proportion of GSH/GSSG in the roots of LE was significantly lower
than that in the other vegetables. The As treatment significantly reduced the content of
soluble protein in the vegetables (Figure 6E), and the soluble protein content in LE was
significantly lower than that in GC and SP.

Figure 6. MDA (A,B), GSH/GSSG ratio (C,D), and soluble protein (E) content in the vegetables
under hydroponic As treatment. Note: Different lowercase letters in the figure indicate comparisons
between different vegetables under the same treatment; different uppercase letters indicate the
comparison of the same vegetable under different treatments (5% levels). The symbol * indicates that
the difference between values is significant at the respective 5% levels. The error bars in the graph
indicate the SEM (standard error of the mean).

3.4. Thiol Pool Concentration

Figure 7 shows the contents of the vegetable thiol pool (cys, γ-EC, GSH, and PCs).
Under As treatment, the cys content in the shoots and roots of GC and SP remained
unchanged compared to the control, while that in the roots of LE decreased (Figure 7A,B).
The roots of LE had the lowest amount of cys. In the As treatment, the shoot γ-EC content of

88



Int. J. Environ. Res. Public Health 2022, 19, 2501

GC and SP remained stable, while that of LE declined markedly compared with the control
(Figure 7C). The shoot γ-EC content of LE was lower than that of the other vegetables.
There was a decreasing trend in the root γ-EC content of SP and LE under As exposure
(Figure 7D). Compared with the treatment without heavy metals, the shoot GSH content
of LE decreased under As stress (Figure 7E). By contrast, in the As treatment, there were
no obvious changes (Figure 7F). The order of the PC content in aboveground parts was
GC < SP < LE (Figure 7G). Differences were observed in the roots under As treatment, i.e.,
GC had a higher PC content (Figure 7H).

Figure 7. Content of thiol [cys (A,B), γ-EC (C,D), GSH (E,F), PCs (G,H)] in the shoots and roots of
vegetables in the hydroponic experiments. Note: Different lowercase letters in the figure indicate
comparisons between different vegetables under the same treatment (5% levels). The symbol * in-
dicates that the difference between values is significant at the respective 5%. The error bars in the
graph indicate the SEM (standard error of the mean).
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4. Discussion

4.1. Leafy Vegetables Suitable for Cultivation on As-Contaminated Soil

Figure 1 shows that the soil safety thresholds of As in GC, SP, and LE were 91.7, 76.2,
and 80.7 mg kg−1, respectively, which are much higher than the soil environmental quality
standard for agricultural land (25 mg kg−1). The safety critical value of heavy metals refers
to when the concentration of heavy metals in the soil is higher than this value, indicating
that the concentration of heavy metals in the edible part of leafy vegetables exceeds the limit
value of the pollutants. Based on this, the three leafy vegetables planted on soil slightly
polluted with As can be safely consumed. In the soil tests, after 50 days of cultivation of GC,
SP, and LE on soil slightly polluted with As, the amount of As enriched in the plant was 1.18,
0.62, and 0.45, μg plant−1, respectively (Figure 1). The World Health Organization (WHO)
stipulates that the allowable intake of inorganic As for adults is about 128 μg person−1 D−1.
For children aged 0–6 years, the short-term and long-term As exposure should be less than
15 and 5 μg person−1 D−1 [19]. According to this regulation, as long as the daily number of
GC, SP, and LE that is consumed does not exceed 108, 206, and 284, the health of adults
will not be harmed by the consumption of these leafy vegetables. For children, the leafy
vegetable intake number limits of short-term As exposure of GC, SP, and LE are 13, 24, and
33, respectively, while the limits for long-term As exposure are 4, 8, and 11, respectively.
This assumes that cooking does not affect the As content in the vegetables; that is, the As
content in vegetables is equal to the amount of As ingested by the human body through
the vegetables.

4.2. Tolerance Metabolism
4.2.1. As Tolerance of the Leafy Vegetables

GC can endure As stress better than SP and LE. This was confirmed by our hydroponic
experiment results. Growth [20] and oxidative stress [21] are two tolerance criteria widely
accepted by researchers. Furthermore, oxidative stress markers (MDA, GSH/GSSG, and
soluble protein) can measure the degree of oxidative stress [22,23]. MDA reflects the
degree of cell membrane lipid peroxidation, while GSH/GSSG is an indicator of cellular
redox potential [24]. Accordingly, the higher the proportion of GSH/GSSG, the higher the
ability of plants to scavenge reactive oxygen species in the cells [25]. LE had the highest
MDA content and the lowest GSH: GSSG in both the shoots and roots. The content of its
soluble protein was much lower than those of the other leafy vegetables. These findings
indicate that the degree of oxidative stress caused by As in LE was the highest among
the three vegetables, and thus LE is an As-sensitive vegetable. As for GC, its root and
shoot TI was the highest among the three vegetables (Figure 2), indicating that it is an
As-tolerant variety.

4.2.2. Absorption and Transport of As in Plants

In the hydroponic experiment, the absorption of As in the whole, aboveground, and
root parts of GC was the highest among the three vegetables (Figure 2). In addition, the soil
pot experiment also confirmed that the As bioconcentration factor and the amount of As in
the edible parts of GC were higher than those of SP and LE (Figure 1C,E). More As entering
GC cells means more damage [21]. However, GC had the highest As TI. This means that the
As uptake and accumulation ability of plants does not completely determine the tolerance
of plants [20,24]. This situation is also clearly reflected in LE, wherein the concentration
and absorption of As in the shoots and roots of LE were at the lowest level, but its TI was
the lowest among the three vegetables.

The canopy is the direct foundation of plant growth because the leaves are the main
organs of photosynthesis and provide the energy necessary for the growth of the entire
plant. Additionally, roots are an important line of defense for heavy metals in the soil. The
tolerance of plants to heavy metals is highly related to the transport of As to the shoots
(TF). The As TF from the roots to shoots of GC was significantly lower than that of SP and
LE (Figure 4). Similar conclusions were found in a study on Oenothera odorata [21].
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4.2.3. Enzyme Activity of the Antioxidant System

Heavy metal ions usually cause harm by interfering with or replacing the function
of essential nutrient elements in plants [26] or causing the accumulation of reactive oxy-
gen radicals in cells [25]. Enzymes of the antioxidant system can effectively alleviate the
accumulation of reactive oxygen species; therefore, a higher enzyme activity of the an-
tioxidant system leads to a stronger tolerance of As in leafy vegetables. SOD is the first
line of defense for converting O2

− to H2O2, while POD and CAT are mainly responsible
for the clearance of H2O2 in cells [25,26]. Under Cd stress, the tolerance of different leafy
vegetables is related to the change of antioxidant enzyme activity, while the As tolerance is
more related to the value of antioxidant enzyme activity. This shows that the antioxidant
system of leafy vegetables has different responses to Cd and As. The specific reasons
and underlying mechanisms need to be further studied. Under Cd stress, the activity of
superoxide dismutase, peroxidase, and catalase in the roots of LE decreased significantly.
Nevertheless, these parameters in the roots of SP and LE remained steady or were even
enhanced [12]. In this experiment, under As stress, the roots of GC had the highest SOD,
POD, and CAT activities (Figure 5), which improved the As tolerance of this vegetable. By
contrast, the LE plants had the lowest enzyme activity in both the roots and shoots. The
activities of SOD and POD in the shoots of SP were higher, whereas those in the roots were
lower. This indicates that its As tolerance is higher than that of LE.

4.2.4. Thiol Pool

Studies have shown that plants can alleviate heavy metal stress by immobilizing
heavy metals in cell vacuoles through partitioning [26]. Plants usually produce a variety
of chelating agents (PCs) to mask and reduce toxicity [13,27]. It is believed that As in
plant cells is sequestered by GSH and PCs and fixed in the vacuoles for detoxification
purposes [1,13,28]. In addition, the content of PCs (heavy metal chelators) can explain the
difference in the As tolerance of vegetables to some extent. It appears that the high As
tolerance of GC was due to its high content of PCs and their ability to chelate and fix As
in the roots; thus, the transport of As from the roots to the shoots was reduced. Studies
have found that heavy metal sensitive plants sequester heavy metals in the leaves rather
than in the roots [29]. Our study found that the content of PCs was high in the shoots of LE
but very low in the roots. However, the superiority of shoot PCs in LE did not alleviate
the growth inhibition caused by As. A similar conclusion was drawn in the study of white
lupin [30]. In this study, the PC content of the roots of SP were lower than that of L, which
does not explain its higher tolerance. However, there is research on O. odorata suggesting
that PC content is significantly positively correlated with As concentration in the roots [21].
These contradictory results indicate the diversity of plant resistance to heavy metal stress,
which appears to partly depend on the plant variety.

In this study, the concentrations of GSH and PCs in the leafy vegetables showed
the opposite trend, i.e., the higher the content of GSH, the lower the content of PC
(Figure 7E–H). The decrease in the GSH concentration may be due to the synthesis of
more PCs. Heavy metal induces the expression of intracellular phytochelatin synthase
and other related genes [31] and forms a thiol pool according to the following sequence
cys→γ-EC→GSH→PCs [1,13]. Research has found that the high content of the thiol pool
induced by high SP treatment in the roots increased As accumulation [15]. Under As
treatment, the content of cys in the roots of LE exhibited a downward trend, and there
were no significant changes in the content of cys in the roots and shoots of the other leafy
vegetables (Figure 7A,B). This finding shows that the content of cys in the leafy vegetables
was sufficient, and As does not cause a big change. Under As treatment, the y-EC content
in the shoots and roots of GC did not fluctuate significantly, while the y-EC content in the
roots of LE and SP decreased (Figure 7C,D). This may be because GC has more abundant
y-EC than SP and LE for the synthesis of GSH.
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5. Conclusions

Screening for leafy vegetable species and varieties suitable for soils slightly polluted
with heavy metals is beneficial for soil utilization. The present results showed that GC,
SP, and LE can be planted in soil slightly polluted by As and can be consumed safely. The
soil safety thresholds of As in GC, SP, and LE were 91.7, 76.2, and 80.7 mg kg−1, which are
much higher than the soil environmental quality standard in agricultural land. GC is As
tolerant, and LE is As sensitive. In addition, both the antioxidant enzyme system and thiol
pool were found to play an important role in the As stress of leafy vegetables.
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Abstract: Paddy soils are globally distributed and saturated with water long term, which is different
from most terrestrial ecosystems. To better understand the environmental risks of antibiotics in
paddy soils, this study chose sulfadiazine (SDZ) as a typical antibiotic. We investigated its adsorption
behavior and the influence of soil solution properties, such as pH conditions, dissolved organic
carbon (DOC), ionic concentrations (IC), and the co-existence of Cu2+. The results indicated that
(1) changes in soil solution pH and IC lower the adsorption of SDZ in paddy soils. (2) Increase of
DOC facilitated the adsorption of SDZ in paddy soils. (3) Cu2+ co-existence increased the adsorption
of SDZ on organic components, but decreased the adsorption capacity of clay soil for SDZ. (4) Further
FTIR and SEM analyses indicated that complexation may not be the only form of Cu2+ and SDZ
co-adsorption in paddy soils. Based on the above results, it can be concluded that soil solution
properties and co-existent cations determine the sorption behavior of SDZ in paddy soils.

Keywords: sulfadiazine; Cu2+ co-existence; paddy soils; adsorption; soil properties

1. Introduction

Overuse and the uncontrolled disposal of antibiotics have caused severe environmen-
tal problems, especially for the soil environment [1–3]. As one of the main crops in the
world, rice is widely planted and feeds the majority of the world’s population; while over
92% of rice production, as a primary staple food, is in Asia [4]. In China, the planting
area of rice is near 30 million ha, which occupies over 20% of the total farmlands [5].
Therefore, paddy soils have a high chance of exposure to antibiotic pollutants, such as sul-
fonamides [1]. However, most studies focused on the adsorption and transport behaviors
of antibiotics in upland farmland, while few investigations were about the behavior of
antibiotics in paddy soils.

The co-existence of heavy metals and antibiotic pollution in the soil environment
is receiving more and more attention. With their wide antibacterial spectrum, excellent
curative effect, and low cost, sulfonamide antibiotics (SAs) are widely used in disease
treatment and prevention for humans and animals [6]. Sulfadiazine (SDZ), one of the
most commonly used SA chemicals, has been widely detected in various environmental
mediums, especially in soils [1,7,8]. Previous studies proved that Cu ions could coordinate
with SDZ [9–11], altering their molecular speciation and environmental behavior [11,12].
For example, it was reported that Cu2+ co-addition could improve the adsorption of
antibiotics to organic matters [13] and soils [14]. On the other hand, there was competitive
adsorption between co-existent metal ions and the ionizable antibiotics, which inhibited the
adsorption ability of antibiotics on soil components [15,16] and increase their transportation
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risk in the environment [17]. However, limited investigations have been conducted on the
effect of Cu2+ on SA sorption in paddy soils.

To obtain more knowledge about the environmental risk of SAs in paddy soils, we
chose Sulfadiazine (SDZ) as a representative antibiotic. The batch sorption experiments
were conducted in soil suspensions with different pH, ion concentrations (IC), and dis-
solved organic carbon (DOC), as well as co-existent Cu2+. The aim of this study was:
(1) to explore the sorption kinetics and isotherm of SDZ in paddy soils under different
soil solution conditions; (2) to characterize the sorption behavior and mechanisms of SDZ
on various soil components; and (3) to investigate the effects of co-existent Cu2+ on the
sorption of SAs in paddy soils.

2. Materials and Method

2.1. Paddy Soil Sampling and Characterization

Five soil samples were collected from the rice production area located in Huang
gang, Hubei, of China. About 20 kg of topsoil (0–10 cm) was collected from sample sites
occupying an area of approximately 500 m2 and transported to the lab in a cabinet with
an ice pack. After thorough mixing, soils were air-dried, ground, and sieved through a
2-mm sieve for the following soil property analysis and sorption batch experiments. The
soil texture was silty loam with 2.55% clay, 89.67% silt, and 7.79% sand. Soil pH, organic
matter (OM), cation exchange capacity (CEC), and Zeta potential are listed in Table 1.

Table 1. Physical and chemical properties of paddy soils in this study.

Soil
Components

pH OM 1 (mg g−1) CEC 2 (cmol kg−1)
Zeta-Potential

(ζ, mV)

Crude soil 6.8 23.68 ± 2.46 5.84 ± 0.11 −33.79 ± 2.06
Organic particle 7.3 50.55 ± 3.12 8.15 ± 0.19 −59.99 ± 5.25

Soil Clay 5.3 – 3.84 ± 0.04 −64.55 ± 3.35
1, OM: organic matter; 2, CEC: cation exchange capacity.

2.2. Chemicals and Reagents

In this study, sulfadiazine (4-amino-N-5-methylisoxazol-3-yl)-benzene sulfonamide,
(CAS: 723-46-6, purity >98%, MW 250 g mol−1) was purchased from Sigma-ALDRICH
(Shanghai, China), whose lgKow and pKa values were −0.09, 2.00 (pKa1) and 6.50 (pKa2),
respectively [18]. SDZ was first dissolved in methanol (grade: HPLC, Sigma, Shanghai,
China) and diluted to 100 mg kg−1, with ultra-pure water used for a stock solution. Cu2+

stock solution (10 g·L−1) was prepared from CuCl2·2H2O (min. purity 99.99%, Sinopharm,
Shanghai, China) in ultra-pure water. All the other chemicals, including Hydrochloric acid
(HCl) (Sinopharm, Shanghai, China), sodium hydroxide (NaOH) (Sinopharm, Shanghai,
China), calcium chloride (CaCl2) (Sinopharm, Shanghai, China), and ammonium dihydro-
gen phosphate (ADP) (Sinopharm, Shanghai, China), etc., used in this study were analytical
grade, apart from acetonitrile (ACN) (Sigma, Shanghai, China), which was HPLC grade
and used for the HPLC analysis of SDZ.

2.3. Preparation of Soil Organic Particles and Soil Clay

In this study, the soil organic particle fraction was obtained with the wet sieving
method suggested by Elliott [19]. Briefly, put 500 g of air-dried soil on a sieve of 2 mm,
and separate aggregates by shaking the sieve up and down for 2 min with 50 repetitions,
after being submerged in water for 5 min. Aggregates passed through a 0.25-mm sieve
were collected and designated as a soil organic particle fraction. The physical and chemical
properties of the prepared organic particles are listed in Table 1.

The soil clay fraction was extracted with 0.1 M Na4P2O7 (pH = 7) and 0.1 M H2O2
according to [20]. After being treated with Na4P2O7 (Sigma, Shanghai, China) and 0.1 M
H2O2 (Sinopharm, Shanghai, China), the sample mixture was centrifuged and separated
into three distinct layers. After removing the top layer using suction, the residual material
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was separated into two fractions by repeat centrifuging. After removing the top liquid
layer, recover the clay mineral fraction of 1 M NaCl (Sinopharm, Shanghai, China), after
repeat centrifuging. The physical and chemical properties of the prepared clay are listed in
Table 1.

2.4. Batch Sorption Experiment

Sorption experiments were conducted in 100-mL plastic centrifuge tubes with Teflon
lids, according to the OECD 106 method and Jiang [21]. Briefly, weigh 1.000 g dry paddy
soil into 25 mL of 0.01 M CaCl2 (Sinopharm, Shanghai, China) containing a specific concen-
tration of SDZ. All sorption experiments were carried out with an oscillator ( Changzhou
Guohua Electric Appliance Co., Ltd., Changzhou, China) at 150 rpm in darkness. The
sample tubes containing an initial concentration of 8 μmol L−1 SDZ were shaken from
0 h to 72 h for the kinetic sorption experiment, and those containing a series of initial
concentrations of 4 μmol L−1, 8 μmol L−1, 12 μmol L−1, and 16 μmol L−1 were shaken for
72 h for the isotherm experiment. At the end of the sorption experiments, 2 mL supernatant
was collected from each tube and centrifuged at 10000 r for 1 min. Then, the supernatant
was filtered through a 0.45 μm Whatman filter (WhatmanTM, Germany) for the subsequent
quantification with HLPC. Each experiment was conducted in triplicates, and a blank
treatment of SDZ solution without soil was used as a control, which was used to evaluate
the loss of SDZ caused by sorption onto the tube walls and its degradation.

Environmental factors: The pH of soil solution was adjusted to 5.0, 7.0, and 9.0, respec-
tively, with 1 M HCl (Sinopharm, Shanghai, China) and NaOH (Sinopharm, Shanghai,
China) to analyze the influence of the medium pH. Fulvic acid (FA, ≥90%, CAS: 1415-93-6,
Aladdin, Shanghai, China) was added at rates of 1 g L−1, 3 g L−1, and 5 g L−1 to the
soil solution to analyze the effect of soil DOC on the adsorption of SDZ on soils. At the
same time, the effect of solution ionic concentration was evaluated with Ca2+ ions at the
concentrations of 0.05 M and 0.1 M. The sorption characteristics of SDZ on various soil
fractions was tested with the same procedure as the above soils, and the solid phase was
replaced with the soil organic particles and clays prepared in 1.3.

Effect of co-existent Cu2+: For the sorption experiments of SDZ with Cu2+ co-existence,
the added concentrations of Cu2+ were 200 and 500 mg L−1, respectively. The others were
the same as the soil sorption experiment.

2.5. Analysis Method

The pH, CEC, and OM of the soil samples were analyzed according to the description
of Lu (1999) [22]. The zeta potentials of the crude soil, organic particle fraction, and soil
clay fraction were measured with a zeta potential analyzer (JS94H, Shanghai Zhongchen
Digital Technic Apparatus Co., Ltd., Shanghai, China) after being dispersed in a solution of
0.01 M NaCl (Sinopharm, Shanghai, China).

HLPC analysis of SDZ: SDZ concentration in the filtrate was quantified at 270 nm
by a HPLC/UV (Agilent/Bruker HP1100/Esqure2000, Agilent/Bruker Co., Ltd., Walter
cloth, Germany) using a C18 column. The mobile phase was ADP (0.01 M, pH = 2.8)
(Sinopharm, Shanghai, China): CAN (Sinopharm, Shanghai, China ) (80:20, v:v) at a flow
rate of 0.5 mL min−1. The injection volume was 10 μL.

The concentration of SDZ was increased to 40 μmol L−1 in the soil solutions and
they were then centrifuged after the adsorption reached equilibrium. The centrifuged
samples were washed three times with ultra-water, dried, and powdered with a mortar
and pestle for the subsequent scanning with FTIR spectrum and SEM visualization. The
FTIR scanning was conducted with a FTIR Microscope-Spectrometer (Nicolet5700, Thermo,
Shanghai, China) in the range 4000–400 cm−1. The microstructure observation of soil
samples was conducted with a SEM (Quanta250, FEI, Shanghai, China) at magnifications
of ×20,000.
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2.6. Data Calculation

The amount of adsorbed SDZ was calculated using the following equation:

Y =
V(C0 − Ce)

M
(1)

where Y is the absorbed amount of SDZ (μmol kg−1); V (L) is the volume of soil solution;
C0 and Ce (μmol L−1) represent the concentration of SDZ at the beginning and end of
the equilibrium sorption experiments in solution, respectively; and M (kg) is the dry soil
weight added to the background solution.

The sorption kinetics of SDZ in paddy soils in various soil solutions were fitted with
the following kinetic model equations:

qt = qe

(
1 − e−k1t

)
(2)

qt =
k2q2

e t
1 + k2qet

(3)

The sorption isotherm of SDZ in paddy soils in various soil solutions were fitted with
the Linear model equation (4) and Freundlich model equation (5):

qe = KdCeq (4)

qe = KFC1/n
E (5)

For Equations (2)–(5), qt (μmol kg−1) is the amount of SDZ sorption to paddy soil
at time t (h); qe (μmol kg−1) is the amount of SDZ sorption to paddy soil when sorption
reaches the equilibrium; and k1/k2 is the constant of the kinetics sorption velocity. Ce
(μmol L−1) is the concentration of SDZ in the soil supernatant when sorption reaches
equilibrium; Kd (L kg−1) is the coefficient of SDZ distribution between the liquid and solid
phases in the equilibrium system; KF is the Freundlich sorption coefficient; and n is the
nonlinearity factor.

3. Results

3.1. Effect of Soil Solution Properties on the Sorption of SDZ

Batch sorption experiments were conducted to analyze the sorption characteristics
of SDZ on paddy soils under different experimental systems. The results are shown in
Figure 1.

  

Figure 1. Cont.
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Figure 1. The sorption kinetics (a,c,e), and isotherm (b,d,f) of SDZ in soil solution with different pH,
IC, and DOM conditions.

As plotted in Figure 1b, the adsorption capacity of SDZ in crude soils was decreased,
with the pH changing to 5.0, 7.0, and 9.0, and qe was over 60 μmol kg−1 in crude soil but
lower than 50 μmol kg−1 with the pH change (Table 2). As for the ion strength, the ad-
sorption capacity of SDZ on paddy soils was significantly reduced, to about 20 μmol kg−1,
when the CaCl2 concentration increased to 0.05 M and 0.1 M CaCl2 (Figure 1d). The
variation in the fitting parameters of the adsorption isotherms (Table 3) indicated that the
soil solution pH and ion strength could change the sorption affinity of SDZ in paddy soil.
However, there was a significant increase in SDZ adsorption capacity with increasing soil
solution DOM (Figure 1f and Table 2). In addition, the values of K1 and K2 were enhanced
with the increasing of pH and DOM (Table 2), which indicated that the increase of pH and
DOM accelerated the reaction process and increased the velocity of SDZ adsorption on
paddy soil (Figure 1a,c,e). Whatever the changes in soil solution properties in the present
study, the adsorptions of SDZ had a good fit with the pseudo-first, pseudo-second-order,
and the Freundlich equation, as the R parameter of each selected fitting model was always
over 0.99 at a level of p < 0.05 (list in Tables 2 and 3). This might suggest that there was
more than one dominant mechanism responsible for the adsorption of SDZ.

Table 2. Fitting results of kinetics data to pseudo-first and pseudo-second-order equations for SDZ adsorption in various
soil solutions (mean values ± standard error).

Treatments
The Pseudo-First-Order The Pseudo-Second-Order

qe (μmol kg−1) k1 R qe (μmol kg−1) k2 R

Crude soil 65.84 ± 0.36 1.40 ± 0.59 0.9980 69.48 ± 0.76 0.02 ± 0.00 0.9901

pH 5.0 60.16 ± 0.37 0.19 ± 0.02 0.9990 65.72 ± 0.32 0.02 ± 0.00 0.9996
pH 7.0 41.56 ± 0.30 1.69 ± 0.69 0.9986 43.96 ± 0.33 0.20 ± 0.07 0.9989
pH 9.0 45.72 ± 0.40 1.04 ± 0.37 0.9977 48.40 ± 0.45 0.13 ± 0.05 0.9983
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Table 2. Cont.

Treatments
The Pseudo-First-Order The Pseudo-Second-Order

qe (μmol kg−1) k1 R qe (μmol kg−1) k2 R

FA 1 mg L−1 52.08 ± 0.33 0.33 ± 0.15 0.9986 74.24 ± 0.39 0.04 ± 0.01 0.9990
FA 3 mg L−1 69.24 ± 0.44 0.45 ± 0.08 0.9979 74.24 ± 0.39 0.04 ± 0.01 0.9990
FA 5 mg L−1 71.12 ± 0.29 0.29 ± 0.13 0.9989 74.52 ± 0.25 0.07 ± 0.01 0.9995

0.05 M CaCl2 22.88 ± 0.27 0.06 ± 0.01 0.9997 28.28 ± 0.49 0.49 ± 0.01 0.9998
0.1 M CaCl2 19.68 ± 0.20 0.16 ± 0.02 0.9999 22.00 ± 0.19 0.19 ± 0.01 0.9999

Table 3. Fitting results of the Linear and Freundlich models for adsorption curves of SDZ in various
soil solutions (mean values ± standard error).

Treatments

Linear Freundlich

kd (L kg−1) R KF (μmol1 − N

LN kg−1)
n R

Crude soil 2.17 ± 0.47 0.9537 18.56 ± 1.95 1.48 ± 0.09 0.9990

pH 5.0 1.65 ± 0.11 0.9743 12.57 ± 0.75 1.22 ± 0.26 0.9755
pH 7.0 1.82 ± 0.15 0.9841 17.47 ± 0.86 1.32 ± 0.46 0.9952
pH 9.0 1.42 ± 0.17 0.9251 11.85 ± 0.66 1.32 ± 0.42 0.9578

FA 1 mg L−1 2.07 ± 0.21 0.9436 24.46 ± 0.68 1.89 ± 0.20 0.9644
FA 3 mg L−1 3.70 ± 0.33 0.9540 25.56 ± 0.73 1.89 ± 0.86 0.9925
FA 5 mg L−1 4.22 ± 0.36 0.9589 28.45 ± 0.96 1.96 ± 0.30 0.9950

0.05M CaCl2 1.48 ± 0.13 0.9538 10.86 ± 0.35 1.90 ± 0.40 0.9772
0.1 M CaCl2 4.22 ± 0.36 0.9589 10.90 ± 0.54 1.27 ± 0.40 0.9454

3.2. Effect of Cu2+ Co-Existing on the Sorption of SDZ

The adsorption kinetics and isotherms of SDZ were compared for the crude soil,
organic particles, and clay with the presence or absence of Cu2+ (Figure 2). Whether
Cu2+ was present or not, the adsorption of SDZ on the three soil fractions could reach
equilibrium within about 48 h (Figure 2a,c,e). However, with the co-existence of Cu2+, the
adsorption capacity of SDZ on the crude soil and the organic fraction was significantly
increased, which did not happen with the clay (Figure 2f). The values of KF and n were also
enhanced with Cu2+ co-addition for the crude soils and organic particles. Morover, with
the co-existence of Cu2+, the adsorption characteristics of SDZ on each soil fraction still fit
well with the selected kinetic equations and isotherm equations, as most of the coefficients
of R were >0.99 (Tables 4 and 5), although the adsorption of SDZ was decreased for clay
soils (Table 5). Moreover, the subsequent linear model fitting also found that the adsorption
affinity (kd, Table 5) of clay to SDZ was much lower than the crude soil and organic particles,
and the presence of Cu further decreased this adsorption affinity. Nevertheless, this was
increased for the crude soil and organic particles.

 

Figure 2. Cont.
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Figure 2. The sorption kinetics (a,c,e) and isotherms(b,d,f) of SDZ in the crude soil, organic particles,
and clay with Cu2+ co-existing in the soil solution.

Table 4. Fitting results of kinetics data to pseudo-first and pseudo-second-order equations for SDZ adsorption on soil
composition.

Treatments
The Pseudo-First-Order The Pseudo-Second-Order

qe (μmol L−1) k1 R qe (μmol L−1) k2 R

Crude soil 42.76 ± 0.26 0.54 ± 0.09 0.9992 45.64 ± 0.23 0.07 ± 0.01 0.9996
Cu2+ 200 mg L−1 77.92 ± 0.42 0.76 ± 0.18 0.9977 82.40 ± 0.40 0.06 ± 0.01 0.9988
Cu2+ 500 mg L−1 91.16 ± 0.37 0.58 ± 0.10 0.9984 93.92 ± 0.71 0.07 ± 0.01 0.9178

Organic particles 70.64 ± 0.75 0.09 ± 0.01 0.9974 81.64 ± 0.97 0.01 ± 0.00 0.9982
Cu2+ 200 mg L−1 79.52 ± 0.51 0.34 ± 0.06 0.9975 104.56 ± 0.49 0.03 ± 0.01 0.9987
Cu2+ 500 mg L−1 81.60 ± 0.40 0.39 ± 0.07 0.9984 106.08 ± 0.36 0.04 ± 0.01 0.9992

Clay 19.40 ± 0.11 0.25 ± 0.04 0.9999 20.36 ± 0.11 0.14 ± 0.03 1.0000
Cu2+ 200 mg L−1 15.24 ± 0.26 0.09 ± 0.01 0.9997 18.96 ± 0.36 0.02 ± 0.00 0.9997
Cu2+ 500 mg L−1 13.76 ± 0.14 0.66 ± 0.14 0.9998 15.08 ± 0.13 0.22 ± 0.05 0.9999

Table 5. Fitting results of the Linear and Freundlich models for adsorption curves of SDZ on soil
composition (mean values ± standard error).

Treatments

Linear Freundlich

kd (L kg−1) R KF (μmol1

LN kg−1)
n R

Crude soil 6.57 ± 0.38 0.9801 18.65 ± 1.56 1.45 ± 0.29 0.9992
Cu2+ 200 mg L−1 28.62 ± 1.09 0.9914 35.76 ± 2.34 1.20 ± 0.12 1.0000
Cu2+ 500 mg L−1 36.62 ± 2.62 0.9706 40.68 ± 2.66 1.87 ± 0.25 1.0000

Organic particles 1.69 ± 0.20 0.9266 15.43 ± 1.35 1.46 ± 0.06 0.9938
Cu2+ 200 mg L−1 9.05 ± 0.94 0.9408 30.21 ± 1.98 1.81 ± 0.32 0.9987
Cu2+ 500 mg L−1 11.55 ± 0.85 0.9692 32.53 ± 2.01 1.13 ± 0.30 0.9996
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Table 5. Cont.

Treatments

Linear Freundlich

kd (L kg−1) R KF (μmol1

LN kg−1)
n R

Clay 1.87 ± 0.13 0.9725 13.69 ± 0.96 1.63 ± 0.08 0.9940
Cu2+ 200 mg L−1 1.66 ± 0.12 0.9715 12.56 ± 0.58 1.54 ± 0.04 0.9979
Cu2+ 500 mg L−1 1.00 ± 0.15 0.8920 8.57 ± 0.35 1.50 ± 0.14 0.9445

3.3. Co-Adsorption Mechanism of Cu and SDZ on Different Soil Components

Figure 3 shows the FTIR spectra of soil OC and clay particles with/without SDZ/Cu
adsorption. Compared to the treatment without SDZ, attenuation was observed at wavenum-
bers from 1050 to 950 cm−1 (C-O-C) on the OC particles after SDZ adsorption. Compared
to the single adsorption of SDZ, a stretching vibration in the range 1700–1600 cm−1 (C=C
or -NH) in OC components became stronger with Cu co-addition. These results suggest
that the -NH, C-O-C, or C=C groups play an important role in the SDZ adsorption to soil
particles [23]. For the clays, a weak peak, ranging from 3000 cm−1 to 2900 cm−1 (-CH),
occurred after SDZ adsorption, and this signal became stronger in clay particles with the
co-presence of Cu. Moreover, an attenuation of the wavenumbers from 1700 to 1600 cm−1

and an obvious -OH stretching vibration (3678.0 cm−1) were observed for the Cu-SDZ
co-adsorption, compared to the single adsorption of SDZ. This might suggest that hydrogen
bonding plays an essential role in the co-adsorption of Cu and SDZ on soil clays.

Figure 3. The FTIR spectra of OC and clay before and after the reaction with SDZ and Cu2+.

The surface morphologies of the soil OC and clay particles were scanned using SEM
(Figure 4). The SEM images show that soil OC particles surface was rougher than the
clay soils, with an irregular and bulky shape. However, there was no obvious change in
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the surface morphology of the OC and clay particles with the sorption of Cu and SDZ.
According to the mapping results, the Cu was very hard to detect in OC and clay without
Cu2+ treatment, but it covered the surface of the samples treated with Cu2+, with the signal
becoming stronger for the combined organic soil treated with SDZ. This indicated that
Cu2+ adsorbs easily on organic soil and clays, and SDZ co-addition increases the sorption
of Cu on organic soil. From the above results of the FTIR analysis and the batch adsorption
experiments, it was indicated that co-adsorption by the complexation of Cu2+-SDZ is one
method of Cu2+ and SDZ adsorption to soil particles. While the co-adsorption of Cu2+ and
SDZ might mainly be conducted by their independent adsorption to different sites on the
soil particles.

Figure 4. SEM images of OC and clay before and after reaction in Cu2+ and SDZ, elemental mappings showing the
distributions of Cu.

4. Discussion

4.1. Effects of Soil Solution Properties on the Sorption of SDZ in Paddy Soils

In addition to the basic properties of antibiotics, soil physical and chemical properties
also play an essential role in the sorption of antibiotics to soil constituents [24]. In this
study, the adsorption kinetics and isotherms processes of SDZ were all well fitted (R > 0.99)
by the first/second-order equations and the Freundlich equation, whatever the variation
of the soil properties. This indicated that the variation of soil solution properties did not
change the process and mechanism of SDZ adsorption on paddy soils, which might be
ascribed to the hydrophobic distribution that contributed to the sorption of SDZ on paddy
soil [21,25], in view of the chemical character of SDZ, which was amphoteric and weak acid
polar, with little water-solubility. It was also proven that the adsorption process of SDZ in
soils was driven by weak hydrophobic forces, as in neutral or anionic specie of natural soil.
The present study also indicated further that the SDZ chemicals were easily adsorbed to
the soil organic matter, as the SDZ adsorption increased with soil organic matter addition
(Figure 1f), and there was more obvious signal noise for soil OC constituents than the clay
after being treated with SDZ (Figure 3). These results indirectly suggests that hydrophobic
distribution has a beneficial effect on the adsorption of SDZ in paddy soils.

The pH determined whether SDZ existed as cations, zwitterions, or anions in the
soils [26]. Hence, SDZ exhibited pH-dependent adsorption on soil constituents [27,28].
The variation of soil solution pH significantly decreased the adsorption capacity of SDZ
on paddy soils, based on the adsorption coefficients of SDZ (Table 3); which is similar to

103



Int. J. Environ. Res. Public Health 2021, 18, 13383

the previous results, that the increase of pH from 4 to 8 significantly decreased adsorption
coefficients of SAs from 30 to 1 [29]. This might be explained by the fact that the disturbance
of the acid–base balance of crude soils would increase the electrostatic repulsion between
anionic SDZ- and the negatively charged soil surface [25,30], and by the lower lipophilic
interactions between the uncharged chemical molecules and soil particles [31]. As for the
ion strength factor, a lower adsorption potential of SDZ was found with increasing Ca2+

concentration (Figure 1), which was dissimilar to the previous reports that multivalence
ions can improve antibiotic adsorption by covalent bonding action [32]. This inconsistent
result might indicate that a high ion strength would weaken the function of the ion-bridge
for SDZ adsorption on paddy soils, as it has a higher OM content (Table 1).

4.2. Effect of Cu2+ Co-Existing on the Sorption of SDZ

With increased detection of heavy metals and antibiotics in soils, more attention has
been paid to the process of antibiotics related to the co-existent metal ions, aside from the
various soil properties [33–35]. It is widely thought that heavy metal cations may influence
the mobility of antibiotics in soils, through ion exchange or complexation. In the present
study, the adsorption isotherms of SDZ were well described by the Freundlich model
(R = 0.9445–1.0000) in a binary system of Cu–SDZ. Moreover, both the adsorption capacity
and affinity of SDZ were augmented, as Cu2+ was increased, based on the changing trend
of kF and n values (Table 5). These results indicated that the presence of co-existent Cu2+

did not change the mechanism of SDZ adsorption to soil particles but could alter the
adsorption capacity of SDZ to soil particles with different compositions.

The further FTIR and SEM analyses also detected the co-adsorption of Cu and SDZ
on soil constituents (Figures 3 and 4). It was suspected that a Cu2+ bridge between soil
particles and SDZ [11,36] or the formation of SDZ–Cu complexes [37,38] occurred for the
co-adsorption of Cu and SDZ on paddy soils. However, this might be mainly carried out
by their independent adsorption to different sites of the soil particles, as the weak signal
changes of the FTIR spectrum were found primarily in soil OC constituents after co-treating
with Cu and SDZ (Figure 3). It was reported that the presence of heavy metal ions could
result in changes in soil properties [39–41], which might shape the sorption of antibiotics
on soils. Therefore, the decrease of SDZ adsorption on clay in the present study might be
attributed to the precipitation of soil mineral colloid induced by the presence of Cu2+ [39],
which decreased the size or blocked the pores of the soil clay particles [42].

5. Conclusions

The change of soil solution pH and ion concentration lowered the SDZ adsorption on
paddy soil, but it was increased with the addition of organic matter. Whatever the changes
of soil properties, the sorption kinetics of SDZ on paddy soils could be well described by
the pseudo-first and second-order equations, and the Freundlich equation could fit the
sorption isotherms well. Cu2+ coexistence in the soil increased the adsorption of SDZ on
crude soil and its organic components, but decreased the adsorption capacity of clay soil
for SDZ. Based on a further analysis of FTIR and SEM, it could be concluded that the co-
adsorption of Cu2+ and SDZ on soil constituents might be conducted by the complexation
of Cu2+ and SDZ, in addition to their independent adsorption to different active sites of
the soil particles.
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Abstract: Conventional stabilization/solidification materials have defects in the simultaneous treat-
ment of heavy metals (HMs) and phenanthrene (PHe). In order to solve this problem, a new functional
material β-cyclodextrin modified biochar (β-CD-BC) was prepared by integrating the properties of
biochar (BC) and the hydrophilic and hydrophobic properties of the β-CD surface and combined
with Portland cement (PC) to cure and stabilize HMs and PHe. The effect of key parameters on the
treatment effect was discussed by response surface method. The results showed that the minimum
leaching concentration if HMs was 16.81 mg·L−1, and the leaching concentration of PHe can be as
low as 0.059 μg/kg under the conditions of β-CD-BC and Portland cement ratio of 9.75% and 11.4%,
curing for 22.85 d. The weak acid soluble state reduced from 9~13% to 0.5~6%, the residual state
was increased from 37~61% to 77~87%. The unconfined compressive strength of sample is more
than 50 kPa. The results of this study can provide a new technical scheme for long-term curing and
stabilization of HMs and PHe.

Keywords: β-CD modified BC; stabilization/solidification; response surface methodology;
synchronous adsorption investigations; PHe

1. Introduction

Heavy metals (HMs) and phenanthrene (PHe) widely exist in the natural environ-
ment [1], which can not only accumulate in the human body through skin and respira-
tory tract and endanger human health, but also migrate in the soil and causing human
water risk [2]. The research and development of soil remediation technology have not
attracted enough attention. Therefore, the study is of great significance for the solidifica-
tion/stabilization (S/S) of HMs and PHe in soil.

At present, the commonly used treatment technologies of HMs and PHe contaminated
soil include S/S [3], leaching [4], combined Phyto microbial remediation [5,6], and thermal
desorption [7]. In the United States, 80% of the S/S projects of Superfund use cement as
the curing agent. S/S technology has attracted much attention due to its advantages of
simple operation, low cost, and good treatment effect. The selection of repair materials for
this technology is the key. At present, common S/S materials at home and abroad include
cement, lime, organic matter, biochar (BC), montmorillonite, fly ash, etc. [8]. These materials
reduce the mobility and bioavailability of HMs by physical and chemical reactions such as
adsorption, precipitation, redox, and ion exchange with HMs [9]. The latest research mainly
focuses on composite materials made from the above materials. The study found that using
fly ash, quicklime, and blast furnace slag as composite materials can significantly stabilize
HMs such as Zn, Pb, Cu, and Cr in contaminated soil [10]. Based on X-ray diffraction,
TGA, and SEM tests, Sora et al. [11] proved that organic pollutants can affect the type and
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quantity of cement hydration products and make the solidified body present more internal
pores. Wang et al. [12] found that fly ash can improve the leaching toxicity of cement
solidified organic pollutants. Still, it has a weak fixation effect on HMs, which proves that
the fixation mechanism of organic matter and HMs is different. Kogbara et al. found that
increasing the cement content can enhance the fixation of HMs, but has no apparent effect
on TPH [13].

BC is an environmentally friendly material, cheap, and has many oxygen functional
groups, large surface area, and well-developed pore structure [14]. It has the ability and
potential to combine with different types of pollutants. BC can stabilize HMs, but it is
feeble in stabilizing PHe. β-cyclodextrin (β-CD) could simultaneously achieve efficient
cleanup of PHe and Cr, Cd, Cu, Pb, and Zn through avoiding the competitive behaviors
between them, which were due to the different adsorption for Cr, Cd, Cu, Pb, and Zn (i.e.,
electrostatic attraction and complexation) and PHe (i.e., host–guest supramolecular and
π-π interactions) [15–17]. B-CD-BC can simultaneously solidify and stabilize HMs and Phe
in soil.

To solve the above problems, BC, PC, and β-CD-BC use as S/S agents. Response
surface optimization experiment was used to carry out an S/S experiment on heavy metal
organic matter, to explore the influence of various factors on the leaching concentration of
heavy metals and PHe, and to determine the optimal process parameters. The unconfined
compressive strength of the solidified body was selected, and the mechanism of S/S was
explored through the analysis of the morphological characteristics of HMs, to provide the
basis for the risk control and remediation of the soil polluted by the heavy metal organic
compounds.

2. Materials and Methods

2.1. Materials and Reagents

Chemical reagents including β-CD(CAS: 7585-39-9), epichlorohydrin (EPI)(CAS:106-
89-8), HCl(CAS:7647-01-0), NaOH(CAS:1310-73-3) and Pb(NO3)2(CAS:1099-74-8),
CuSO4(CAS:7758-98-7), ZnCl2(CAS:7646-85-7), Cr(NO3)3(CAS:13548-38-4), Cd(NO3)2
(CAS:10325-94-7) were all purchased from Xin Ke. (Shenyang, China). All reagents were of
analytical grade. Rice husks were acquired in Shenyang, Liaoning province of China.

The soil sample was collected from the surface layer (0–30 cm) of an unpolluted
calcareous soil at the College of Agriculture Shenyang. Table 1 presents physical and
chemical properties of soil.

Table 1. Physical and chemical properties of soil.

pH Organic Matter/g·kg−1
Particle Composition/%

TN/g·kg−1 TP/g·kg−1 CEC/cmol·kg−1

Sand Power Clay

7.6 26.31 26.86 49.41 25.12 1.05 6.53 12.6

2.2. Preparation and Modification of Biochar

Pyrolysis produces of rice husk was carried out in atmosphere furnace(OFT-1200X-S,
Hefei, China) under nitrogen (N2) flow of 0.2 L/min with a heating rate of 10 ◦C/min at
400 ◦C for 3 h. After the reactor was set to cool to room temperature, BC was obtained.
Before dry preservation, BC was ground through a 100 mesh sieve.

Modification BC: As shown in Figure 1, 10.00 g of β-CD and 4.80 g of EPI in a molar
ratio of 4:1 were added to 200 mL of 5% NaOH solution. The mixture was mixed for 4 h
(320 rpm) at a temperature (25 ◦C) to afford the modification solution. Then, 5.00 g BC was
weighed out and mixed with 100 mL of modification solution. The mixture was stirred at
room temperature for 1.5 h (320 rpm), washed with deionized water, and filtered under
suction several times, until the pH of BC was neutral. Then BC was left to stand overnight.
The product was dried at 75 ◦C in an oven until its weight was stable, yielding β-CD
functionalized biochar (β-CD-BC) [18].
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Figure 1. β-CD-BC preparation process.

2.3. Experimental Method
2.3.1. Solidification/Stabilization Experiment

A single factor level experiment was designed to determine the factors and level
of orthogonal experiment. To explore the influence of the addition amount of BC and
β-CD-BC, 10% PC and 30% deionized water were added, cured in a 24 ◦C dry environment
for 14 days, with the mass fraction of 2.5, 5, 7.5, 10, 12.5% BC and β-CD-BC added. To
explore the effect of curing time, 10% PC, 30% deionized water, and 10% BC were added
and fixed in a 24 ◦C incubator for 5, 10, 20, 30, and 40 days, respectively. The evaporated
water was supplemented by a weighing method every three days.

Using the Box–Behnken design model of design-expert software, the selection of
factors follows the principle of influence on as leaching (reagent ratio and curing time). In
this study, response surface factor level experiments (Table 2) were used for the orthogonal
design (Table 3). Taking BC + PC compound as the control, the key parameters such as
optimal β-CD-BC + PC compound ratio and curing time were explored.

Table 2. Box–Behnken factors and levels of experimentation.

Specimen Curing Time (d) Biochar Ratio (%) Cement Ratio (%)

1 10 5 6
2 20 7.5 12
3 30 10 18

Table 3. Box–Behnken experimental design table.

Sample A Curing Time (d) B Biochar Ratio (%) C Cement Ratio (%)

1 10 5.0 12

2 10 7.5 6

3 10 7.5 18

4 10 10.0 12

5 20 5.0 6

6 20 5.0 18

7 20 7.5 12

8 20 10.0 6

9 20 10.0 18

10 30 5.0 12

11 30 7.5 6

12 30 7.5 18

13 30 10.0 12

The leaching concentration of HMs was determined according to the standard toxic
leaching procedure TCLP (Toxic Characteristic Leaching Procedure) recommended by the
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U.S. Environmental Protection Agency. The leaching rate of HMs was calculated according
to the following formula:

η =
c0 − ct

c0
× 100% (1)

where: η is the leaching rate; c0 is the leaching concentration of as in the original soil; ct is
the leaching concentration after solidification and stabilization.

2.3.2. Unconfined Compressive Strength (UCS) Test

The procedure of UCS tests was according to ASTM D2166-91. Then, the specimen
was placed on the bottom plate of test setup. The wheel was then turned to lower down the
upper plate. When the upper plate was in contact with the top surface of the specimen, the
indication of dial gauge was adjusted to zero. Then, the wheel was turned automatically
at a speed of 0.06 mm/min (corresponding to 0.5% strain of dial gauge) to compress the
specimen to failure.

2.3.3. Analytical Method

The surface morphology of BC and β-CD-BC was observed by SEM (Sigma 300,
Zeiss, Jena, Germany). The mineral composition of β-CD-BC was analyzed by X-ray
diffraction (Ultima IV, Rigaku, Tokyo, Japan). The total arsenic was determined by the
aqua regia perchloric acid method, and the metal speciation procedure applied for HMs
was recommended by Liang et al. [19]. The data were processed by design expert.8.0.6.1,
Excel2003, and Origin 8.0 software.

3. Results and Discussion

3.1. Characterization of BC and β-CD-BC

The Figure 2a–c shows the scanning electron microscope images of BC and β-CD-BC.
The modified BC still retains the rich pore structure of BC, and the morphology of BC itself
has not changed. White matter appears on the surface of β-CD-BC. The white point is more
uniformly dispersed through images.

Figure 2. SEM images, (a) BC, (b) β-CD-BC, (c) β-CD-BC.EDS images, (d) β-CD-BC.
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Shown in Figure 2b,c are β-CD-BC adsorbing HMs. It can be seen that there is no
obvious change in the surface structure of BC adsorbed with HMs at different scales. As
shown in the Figure 2d EDS analysis, the effect of β-CD-BC adsorbing HMs is obvious, and
there are a large number of heavy metals on the surface of β-CD-BC. It can be considered
that the β-CD did not agglomerate in a large amount, and the modification was relatively
successful. Meanwhile, after β-CD functionalization BC lost its well-aligned structure, and
a wealth of white substances appeared and covered the surface and pores of BC [20].

Figure 3 shows FTIR spectra that were created for evaluating the functional groups
of β-CD, BC, and β-CD-BC. The influential band for −OH stretching in alkyl or aryl at
3434 cm−1, the bands at around 1631, 1030 cm−1 of BC can be assigned to the C-O stretching
or O-H banding, and the band is identified for −CH at 608 cm−1. Additionally, β-CD-BC
has similar analogous functional groups. The new bands at 1630 and 1460 cm−1 represent
the COO- and CeN, respectively. Moreover, in comparison with pristine β-CD, the new
band at around 608 cm−1 of BC could be indorsed to COO- stretching vibration. It could
also be observed in β-CD-BC [21], confirming the introduction of the carboxyl groups
onto the modified adsorbent. All the results proved that the BC had been successfully
functionalized by β-CD [22].

Figure 3. FTIR spectra of BC and β-CD-BC.

It can be seen from Table 4 that the specific surface area of the BC modified by β-CD
increased a lot, indicating that there is no accumulation during the modification process,
and the β-CD is relatively uniformly dispersed on the surface of the BC. Additionally, the
pore volume of β-CD-BC was higher than BC, while the average pore size of β-CD-BC was
lower than BC. When subjected to β-CD, changes in surface properties are accompanied by
changes in structure and composition, such as cation exchange capacity (CEC). The CEC of
β-CD-BC is higher than that of BC (Table 3). The difference between the two functional BC
is mainly related to the surface functional groups.

Table 4. Surface characteristics of biochars.

Specimen Specific Surface Area Pore Volume (cm3/g) Average Pore Size (nm)

β-CD-BC 115.3880 0.141730 4.91317

BC 51.3219 0.077551 4.91317
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3.2. Solidification/Stabilization Experiment
3.2.1. Single Factor Experiment
Leachability of PHe

As shown in Figure 4a, BC and β-CD-BC were added to the soil for maintenance
at the mass ratios of 2.5%, 5%, 7.5%, 10%, and 12.5%. The leaching rate of PHE in the
cured BC/PC samples was higher than that in the blank group, which may be due to the
hydrophilic environment of PC, which increased the leaching concentration of PHH in the
soil. With the increase of β-CD-BC, the leaching concentration of PHe in the soil gradually
decreases until it becomes stable, because the cyclodextrin cavity on the surface of BC is
hydrophobic and has a good adsorption effect on PHe. Through the above experiments,
β-CD-BC can effectively reduce the leaching concentration of PHe in the soil and has a
good stabilizing ability. As shown in Figure 4b, the PHe leaching concentration of the
sample cured by β-CD-BC + PC reached a stable level after 20 d.

Figure 4. Effects of different BC and β-CD-BC (a) addition amounts and (b) curing times on PHe
leaching concentration.

Leachability of Heavy Metals

As shown in Figure 5, BC and β-CD-BC were added to the soil for curing according to
the mass ratios of 2.5%, 5%, 7.5%, 10%, and 12.5%. The leaching concentration of HMs in BC
+ PC samples was higher than that in the blank group. The oxygen-containing functional
groups on the surface of BC can chelate and cooperate with HMs in soil, to reduce the
leaching concentration of HMs in soil. BC has developed a pore structure and can adsorb
HMs on the surface. The leaching concentration of HMs in the β-CD-BC + PC cured
sample is lower than that of the blank group and BC + PC. This is because the hydroxyl
and carboxyl functional groups on the surface of BC are modified by β-CD, which greatly
improves the performance of the material. The chelation between HMs and hydrophilic
functional groups enhances their stability. Meanwhile, PC can change the pH value of the
soil, increase the content of -OH in the soil, and cause the co-precipitation of HMs and
-OH [23]. Therefore, β-CD-BC significantly enhances the adsorption capacity of HMs.
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Figure 5. Cont.
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Figure 5. Effects of different BC and β-CD-BC addition amounts and curing times on HMs leach-ing
concentration. (a) Addition amount and (b) Curing time for Cd leaching concentration; (c) Addition
amount and (d) Curing time for Cr leaching concentration; (e) Addition amount and (f) Curing time
for Cu leaching concentration; (g) Addition amount and (h) Curing time for Pb leaching concentration;
(i) Addition amount and (j) Curing time for Zn leaching concentration.

3.2.2. The Response Surface Experiments
The Results of Box–Behnken Design and the Variance Analysis of Model

The fitting equation of PHe is Y = 0.12 − 0.028A − 0.041B + 0.023C − 2.5 × 10−3AB −
0.016AC + 5 × 10−3BC + 0.011A2 + 0.022B2 − 0.012C2

Curing time (10−30d), Portland cement (6–18%), and BC (5–10%) are three reaction
parameters that affect the leaching concentration of PHe. The results of ANOVA are
shown in Table 5. The results of variance analysis show that the p values of β-CD-BC, PC,
and curing time are less than 0.05, which indicates that the fitting effect of the model is
good, and the response surface approximation model can be used to optimize the leaching
concentration of heavy metal and PHe. According to the results of the analysis of variance
in Table 5, the p values of A, B, C, and AC are all less than 0.05, indicating that curing
time, BC ratio, and cement blending ratio are important factors for curing stability. It plays
an important role in the leaching concentration of PHe. The p value of BC is the largest,
which indicates that the effect of adding β-CD-BC and PC on the leaching concentration is
relatively weak and has little impact on the final result. It also shows that cement enhances
the leaching of some PHe and can be fixed by cyclodextrin on the surface of BC. The
p values of the three influencing factors are 0.0012, 0.0002, and 0.0064, respectively. The
order of influence on PHe leaching concentration is B (Biochar ratio) > A (Curing time) > C
(Cement ratio).

Table 5. Analysis of variance for response surface quadratic mode of PHe.

Source df Sum of Squares Mean Squares F Value Prob > F

Model 9 2.6 × 10−2 2.883 × 10−3 12.47 0.00016

A 1 6.328 × 10−3 6.328 × 10−3 27.36 0.0012

B 1 1.200 × 10−2 1.200 × 10−2 51.95 0.0002

C 1 3.403 × 10−3 3.403 × 10−3 14.72 0.0064

AB 1 2.500 × 10−5 2.500 × 10−5 0.11 0.7519

AC 1 1.056 × 10−3 1.056 × 10−3 4.57 0.0699

BC 1 0.000 0.000 0.000 1.0005

A2 1 2.780 × 10−4 2.780 × 10−4 1.20 0.3092

B2 1 2.502 × 10−3 2.502 × 10−3 10.82 0.0133

C2 1 3.701 × 10−4 3.701 × 10−4 1.60 0.2463

Residual 7 1.619 × 10−3 5.396 × 10−4
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The fitting equation of HMs is Y = 25.11 − 2.42A − 8.75B − 5.96C + 3.47AB − 0.62AC
+ 2.44BC + 4.06A2 − 1.03B2 + 2.11C2.

According to the results of variance analysis in Table 6, the p values of A, B, and
C are all less than 0.05, indicating that the addition of β-CD-BC, PC, and curing time
are essential factors in the solidification and stabilization process of HMs, which play a
decisive role in the leaching concentration of heavy metals. The influence order of the three
factors on HMs leaching is B (Biochar ratio) > C (Cement ratio) > A (curing time). The
leaching concentration of heavy metals decreases with the increase of curing time under
the condition of using the same proportion of reagents in comparison samples 1, 10, 2, 11,
3, 12, and 4, 13. Compared with samples 5–9, under the condition of curing for 20 days, the
leaching concentration of HMs decreased with the increase of PC and BC, respectively.

Table 6. Analysis of variance for response surface quadratic mode of HMs.

Source df Sum of Squares Mean Squares F Value Prob > F

Model 9 111.10 123.46 21.50 0.0003

A 1 46.80 46.80 8.15 0.0245

B 1 612.15 612.15 106.60 <0.0001

C 1 284.53 284.53 49.55 0.0002

AB 1 48.02 48.02 8.36 0.0233

AC 1 1.55 1.55 0.27 0.6194

BC 1 23.81 23.81 4.15 0.0811

A2 1 69.36 69.36 12.08 0.0103

B2 1 4.46 4.46 0.78 0.4076

C2 1 18.81 18.81 3.28 0.1132

Residual 7 40.20 5.74

As shown in Figure 5a,b, after curing for 7 days, the leaching amount of samples 1, 2,
3, and 4 increased with the increase of cement and BC amount. When the leaching agent
is mixed with the sample, materials with lower cement content may form agglomerates,
thereby reducing the contact area between the phases. In contrast, samples with higher
cement content do not form clumps, thereby maintaining a higher interface contact area
and forming a more hydrophilic environment, so the contact between the leachate and the
stabilized/cured sample is better.

As is shown in Figure 6a, because β-CD-BC has hydrophobic interaction sites it can
adsorb PHe well. When the curing time is about 14 days, the concentration of sample
6 is lower because less PC is added, and β-CD-BC can adsorb with PHe and reduce the
concentration in the leachate. The higher concentration of sample 7 compared with sample
11 is due to the increased PHe leaching caused by the environment provided by cement,
β-CB BC may not have enough time and PHe suction. Sample 13 contains more PC, which
increases the concentration of PHe in the leachate, and the content of cyclodextrin in β-CD-
BC is less, which provides fewer hydrophobic sites and cannot adsorb PHe. As is shown
in Figure 6b, because BC does not have hydrophobic interaction sites it cannot adsorb
PHe well. With the increase of PC content, the hydrophilic environment is caused, and
the hydrophobicity of the sample decreases with the increase of the amount of hydrophilic
cement, which increases the leaching concentration of PHe. The adsorption capacity of
PHe is low only by π-π interaction.
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Figure 6. Leaching concentration of PHe in Box–Behnken design for (a) β-CD-BC + PC and
(b) BC + PC.

It can be seen from Figure 7 that under the condition of the same reagent addition
ratio, the HMs leaching concentration of comparison samples 1 and 10, samples 2 and 11,
samples 3 and 12, samples 4 and 13 decreases with the increase of curing time. When the
control samples were cured for 20 days, the HMs leaching concentration decreased with
the increase of PC and BC. With comparing (a) and (f), (b) and (g), (c) and (H), (d) and (I),
respectively, (e) and (J), it can be found that the leaching concentration of HMs treated with
β-CD-BC is lower than BC.

Figure 7. Cont.
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Figure 7. Leaching concentration of HMs in Box–Behnken design. Cd leaching concentration of (a)
BC + PC and (f) β-CD-BC + PC; Cr leaching concentration of (b) BC + PC and (g) β-CD-BC + PC; Cu
leaching concentration of (c) BC + PC and (h) β-CD-BC + PC; Pb leaching concentration of (d) BC +
PC and (i) β-CD-BC + PC; Zn leaching concentration of (e) BC + PC and (j) β-CD-BC + PC.

Response Surface Analysis and Experimental Verification

Response surface analysis of PHe:
Figure 8a shows that the contour lines of the A and B factors present an oval shape,

indicating an interaction between the two factors. Reasonable use of the relationship
between A and B can effectively reduce the leaching concentration of PHe. Figure 8a
shows that from the relationship between β-CD-BC and curing time, the response surface
seen in the B direction is steeper and the contour lines are denser, which indicates that
the effect of β-CD-BC and BC on the leaching concentration of PHe is more significant
than that of curing time. Figure 8b shows the relationship between PC and curing time.
It is seen that the response surface in A and C directions tends to be flat, indicating that
curing time and PC dosage have the same effect on the leaching concentration of PHe. In
Figure 8c the relationship is shown between the content of β-CD-BC and PC; it is seen that
the response surface of B direction tends to be flat, but the contour lines of the two are oval,
which indicates that the interaction between the two is vital. This is because PC provides a
relatively hydrophilic environment for the soil, so that PHe in the soil precipitates, which

117



Int. J. Environ. Res. Public Health 2022, 19, 1060

is adsorbed on the β-CD-BC surface by cyclodextrin through hydrophobicity. Through
the analysis of p value and response surface, the relationship between β-CD-BC and PC
addition should be given priority.

Figure 8. Leaching concentration of PHe. (a) Curing time and biochar blending ratio. (b) Biochar
blending ratio and cement blending ratio. (c) Curing time and cement blending ratio.

Response surface analysis of heavy metals: As can be seen from Figure 9a,b, the
contour is elliptical, indicating a specific interaction between maintenance time and the
amount of BC added. With the extension of curing time, HMs were adsorbed in soil. The
contour line in Figure 9b does not show an apparent ellipse, indicating that the interaction
between BC and curing time is fragile. The relationship between β-CD-BC and curing time
can be obtained from Figure 9a. It can be seen that the response surface in direction B is
steeper and the contour line is denser. It shows that the effect of β-CD-BC addition on
the leaching concentration of HMs is more significant than that of curing time. Increasing
the amount of BC in the soil can better solidify and stabilize HMs. From Figure 9b, the
relationship between PC and curing time can be obtained. It can be seen that the response
surface in C is steep, while the response surface in direction a tends to be flat, which
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indicates that PC has a more significant effect on the leaching concentration of HMs than
PC, indicating that PC adsorbs and precipitates HMs. Through the analysis of p value
and response surface, when optimizing the factors, priority should be given to β-CD-BC
and PC.

Figure 9. Leaching concentration of HMs. (a) Curing time and biochar blending ratio. (b) Biochar
blending ratio and cement blending ratio. (c) Curing time and cement blending ratio.

Verification test: The results show that the curing time is 22.85 d, β-CD-BC content of
9.75% and PC content of 11.4% are the best parameters for curing stability. To verify the
reliability of the model, according to the optimal parameter combination, the theoretical
leaching concentration of HMs in soil was as low as 16.81 mg/kg and that of PHe was
as low as 0.054 μg/kg, which is close to the predicted value. The results show that the
optimization method and model are reliable.

Figure 10 shows speciation characteristics of HMs. The changes of Cr, Cd, Cu, Pb, and
Zn in the soil after adding BC and β-CD-BC + PC are shown in Figure 10. The proportion of
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Cd residual in the untreated soil was 37%, while the proportion of Cd treated with BC + PC
and β-CD-BC + PC was 65% and 73%, respectively. Meanwhile, the weak acid soluble state
and reducible state of soil Cd treated with BC + PC and β-CD-BC + PC decreased from 13%
and 9% to 3–6% and 4–7%, respectively. The re sidual state of Cr, Cu, Pb, and Zn in the
untreated soil was reduced compared with the soil treated with BC + PC and β-CD-BC +
PC, respectively. At the same time, the weak acid extraction and reducible states of Cr, Cu,
Pb, and Zn in the treated soil were reduced. This is because the added BC and β-CD-BC
are adsorbed with HMs, and the surface of the material contains surface functional groups
(-OH, -COOH, etc.) that can undergo complex chelation. The PC added to the soil can
not only immobilize HMs in the soil, but also change the pH of the soil, causing HMs to
precipitate, thereby reducing mobility. It can be found from Figure 10 that the ratio of Cr,
Cu, Pb, and Zn in the residue state of the soil treated with β-CD-BC is lower than that of
the residue state in BC/CP. The weak acid soluble state of metals in the soil treated with
β-CD-BC is the lowest, because a large amount of cyclodextrin is attached to the surface of
the modified BC, and the surface of the cyclodextrin cavity has a hydrophilic effect and
contains a large number of hydroxyl groups. It can complex with HMs in the soil, change
the form of HMs, and produce better stabilization effects on these.

Figure 10. Speciation characteristics of HMs, (a) β-CD-BC + PC, (b) BC + PC.

3.3. Synchronous Adsorption Investigations of Pb, Cu, Cr, Cd, Zn, and PHe System

As shown in Figure 11, there is synchronous adsorption of Pb, Cu, Cr, Cd, Zn, and
PHe. To realize the simultaneous solidification and stabilization of HMs and PHe in soil,
BC was modified to have the hydrophobic properties of β-CD. Meanwhile, the oxygen-
containing functional groups on the surface of BC increased and complexed with HMs,
which enhanced the curing and stability of the material. After modification, the leaching
concentration of Pb, Cu, Cr, Cd, and Zn is reduced, and the curing and stabilizing effect
on PHe is also better. The main reason is that Pb, Cu, Cr, CD, Zn, and PHe have different
absorption mechanisms in the soil. The cyclodextrin of β-CD-BC can wrap PHe in the
cavity of the adsorbent through hydrophobic interaction, and the aromatic structure on
the surface of the BC can provide potential π-π interaction [24,25] and PHe accumulation,
which enhances the adsorption of PHe [26]. The adsorption of Pb, Cu, Cr, Cd, and Zn is
related to the complexation and electrostatic interaction between the oxygen-containing
groups of β-CD-BC [27]. The developed pore structure on BC surface can cause the surface
adsorption of HMs. Meanwhile, PC can change the pH of the soil, causing the precipitation
of HMs and -OH in the soil [23].
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Figure 11. Synchronous adsorption of Pb, Cu, Cr, Cd, Zn, and PHe.

In short, as shown in Figure 11, β-CD-BC achieves the adsorption of PHe through
hydrophobic effect and π-π interaction, and enhances the adsorption of Pb, Cu, Cr, Cd,
and Zn through complexation and electrostatic attraction [28]. This avoids the competition
between the two pollutants for adsorption sites and improves the adsorption performance
and adsorption capacity of BC.

3.4. Unconfined Compressive Strength (UCS) Test

The UCS of the samples are given in Figure 12. It can be seen from Figure 12 that the
compressive strength value of the cured body with the same addition of 6% of samples 1, 6,
11, and 16 shows a trend of increasing first and then being stable with the increase of curing
time. When the curing time is 7 days, the compressive strength of the solidified sample1 is
33 kPa. The compressive strength value of the solidified sample is lower than the detection
limit, which cannot meet the solidification requirements. This may be due to the relatively
high water content in the solidified sludge, which results in the dispersion of cement
particles and reduces the hydration reaction [29]. The cementing ability of the generated
hydrated calcium silicate makes the compressive strength of the solidified sample low. As
the curing time increases to 14 d, 21 d, 28 d, the compressive strength of the cured body
increases to 52–57 kPa, adding 12% of No. 2, 5, 12, and 15 samples, adding 18% of No.
3, 8, 9, 14 samples, and adding 24% of No. 4, 7, 10, and 13 samples. With the increase of
curing time, the compressive strength of solidified body first increases and then stabilizes.
The compressive strength of the sludge solidified body reaches the maximum when the
solidification time is 21 d [30].
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Figure 12. Unconfined compressive strength of the solidified specimen.

In the process of curing and stabilization, the compressive strength of the cured body is
positively correlated with the curing time. The results show that the selection of reasonable
curing time and cement mix proportion is the key to the sludge curing process.

4. Conclusions

(1) The number of oxygen-containing functional groups on the surface of BC modified by
β-CD increased. β-CD-BC still has well-developed void structure and specific surface
area.

(2) The compressive strength test shows that the strength is positively correlated with
the amount of PC and the curing time, and the compressive strength is stable after
14 days. After β-CD-BC/PC curing, the speciation of HMs changed significantly, the
residual Cu content increased from 56% to 75%; the residual Cr content increased
from 54% to 82%; the residual CD content increased from 37% to 77%; residual Zn
content increased from 61% to 87%; residual Pb increased from 59% to 79%.

(3) β-CD-BC achieves the adsorption of PHe through hydrophobic effect and π-π interac-
tion, and enhances the adsorption of Pb, Cu, Cr, Cd, Zn through complexation and
electrostatic attraction. This avoids the competition between the two pollutants for
adsorption sites and improves the adsorption performance and adsorption capacity
of BC.
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Abstract: This work developed an environmentally-friendly soil remediation method based on BC
and g-C3N4, and demonstrated the technical feasibility of remediating petroleum-contaminated soil
with biochar/graphite carbon nitride (BC/g-C3N4). The synthesis of BC/g-C3N4 composites was
used for the removal of TPH in soil via adsorption and photocatalysis. BC, g-C3N4, and BC/g-C3N4

have been characterized by scanning electron microscopy (SEM), Brunauer–Emmett–Teller surface
area analyzer (BET), FT-IR, and X-ray diffraction (XRD). BC/g-C3N4 facilitates the degradation due
to reducing recombination and better electron-hole pair separation. BC, g-C3N4, and BC/g-C3N4

were tested for their adsorption and photocatalytic degradation capacities. Excellent and promising
results are brought out by an apparent synergism between adsorption and photocatalysis. The
optimum doping ratio of 1:3 between BC and g-C3N4 was determined by single-factor experiments.
The removal rate of total petroleum hydrocarbons (TPH) by BC/g-C3N4 reached 54.5% by adding
BC/g-C3N4 at a dosing rate of 0.08 g/g in a neutral soil with 10% moisture content, which was
2.12 and 1.95 times of BC and g-C3N4, respectively. The removal process of TPH by BC/g-C3N4

conformed to the pseudo-second-order kinetic model. In addition, the removal rates of different
petroleum components in soil were analyzed in terms of gas chromatography–mass spectrometry
(GC-MS), and the removal rates of nC13-nC35 were above 90% with the contaminated soil treated
by BC/g-C3N4. The radical scavenger experiments indicated that superoxide radical played the
major role in the photocatalytic degradation of TPH. This work definitely demonstrates that the
BC/g-C3N4 composites have great potential for application in the remediation of organic pollutant
contaminated soil.

Keywords: biochar; adsorption; photocatalysis; synergy; TPH; soil

1. Introduction

In recent years, with the development of society, China’s demand for petroleum and
other products is increasing [1], but the problems of leakage in the process of petroleum
exploitation, transportation, refining, processing, and use are becoming more and more
serious [2,3]. A large amount of petroleum accumulates in soil, which inhibits the activity
of indigenous microorganisms in soil, and destroys the ecological balance of the soil [4,5].
The petroleum hydrocarbons in soil will seep into the groundwater by migration and cause
the pollution of groundwater, which poses a threat to human health [6,7].

At present, the remediation methods of petroleum-contaminated soil mainly include
adsorption [8], incineration [9], chemical oxidation [10], leaching [11], phytoremedia-
tion [12], and the microbial remediation method [13–15]. Among them, the adsorption
method is widely preferred because of its simple operation, low price, and relatively good
adsorption effect [16,17]. BC is a pyrogenic carbonaceous material produced through the
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pyrolysis (350–700 ◦C) of agriculture and forestry biomass, food processing waste, animal
manure, and other industrial waste biomass under an oxygen-free environment [18–20],
which has a wide range of sources and a cheaper cost [21]. It has good adsorption and
special photoelectric properties [22]. However, BC has some disadvantages in practical
application, such as poor selective adsorption, easy saturation, easy desorption, insufficient
long-acting performance, and so on [23]. Thus, some researchers focused on enhancing the
removal capacity of BC by modifying its surface properties. For instance, Gurav et al. [20]
modified pinewood BC with coconut oil to improve the hydrophobicity of BC, thereby
increasing the adsorption capacity of BC on crude oil. The maximum adsorption capacity
of the modified BC to crude oil reached 5315 mg/g in 60 min. Nguyen et al. [24] modified
BC with FeCl3, AlCl3, and CaCl2 to increase the number of surface functional groups, and
the maximum chromium removal rate was 96.8%. Liu et al. [25] pretreated camellia oleifera
shell with aminosulfonic acid to obtain the modified BC with a larger specific surface area
and more functional groups, and the maximum adsorption capacity of tetracycline reached
412.95 mg/g.

In recent years, the photocatalytic degradation technology based on visible light irra-
diation has been diffusely recognized as a highly-efficient, low-cost, and environmentally-
friendly method. However, the majority of traditional photocatalysts are metal-based
materials, which can cause secondary pollution of the soil when they enter it [26]. g-C3N4 is
a new type of non-metallic semiconductor photocatalytic material [27]. It has a large specific
surface area, suitable energy band, and high photosensitivity, and can be regarded as a
promising photocatalyst in the remediation of soil [28–30]. For example, Luo et al. [31] pre-
pared g-C3N4 by three different precursors, including urea, dicyandiamide, and melamine,
via the conventional thermal polymerization method. Under visible light or natural sun-
light, g-C3N4 synthesized by three different precursors can remarkably reduce the toxicity
of phenanthrene-contaminated soil. However, g-C3N4 also has the defect that the photo-
generated charge carriers are recombined rapidly, which, consequently, seriously affects the
application of g-C3N4 in the field of photocatalysis [32]. The BC/g-C3N4 composites were
prepared by loading g-C3N4 onto the surface of BC, which could greatly improve the pho-
tocatalytic ability of g-C3N4. BC/g-C3N4 has the potential application in the remediation
of soil because of its enhanced photocatalytic activities and lower toxicity. The enhanced
photocatalytic activities of BC/g-C3N4 should be attributed to two aspects. On the one
hand, BC could be used as effective electron transfer channels and acceptors to improve the
separation of photogenerated electron–hole pairs. On the other hand, the large surface area
of biochar can enrich pollutants while providing sufficient catalytic sites for photocatalytic
degradation [33]. Li and Lin [34] successfully prepared the biochar-supported K-doped
g-C3N4 composites, which displayed an enhanced optical absorption in the visible region
and a wider photocatalytic application scope compared to pure g-C3N4. Therefore, it is of
great significance to prepare BC/g-C3N4 composites by using BC with g-C3N4 from a wide
range of sources.

In this experiment, g-C3N4 was prepared by high temperature pyrolysis with urea
as the precursor, and a novel decontamination material BC/g-C3N4 was synthesized by
the impregnation method, which is expected to have both adsorptive and photocatalytic
capabilities, contributing to the cleanup of pollutants in soil media. The surface morphology
and chemical structure of BC/g-C3N4 were characterized by means of SEM, BET, FT-IR,
and XRD. Meanwhile, the influence of various external factors on the removal efficiency
of petroleum hydrocarbons and the possible reaction mechanism were discussed. Aside
from the intrinsic adsorptive property of BC materials, the BC/g-C3N4 composites were
thought to have a light-responsive capability due to the existence of graphitic g-C3N4. We
expect that the BC/g-C3N4 can be a value-added biomass-derived material for the removal
of petroleum hydrocarbons from soil by synergistic adsorption and photocatalysis. The
aim of this study is to demonstrate the feasibility of preparing the BC/g-C3N4 composites
using the proposed method, and to evaluate the unknown performances of the resultant
materials for the remediation of petroleum-contaminated soil.
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2. Materials and Methods

2.1. Materials

Anhydrous sodium sulfate, urea, petroleum ether, calcium chloride, isopropanol,
ascorbic acid, and ethylene diamine tetraacetic acid were all analytical reagents. Coconut
shell carbon was purchased from Henan Gongyi Wanjiajing Environmental Protection
Material Co., Ltd. (Henan, China). It was obtained by pyrolyzing coconut shells in a quartz
tube furnace at 600 ◦C for 6 h at a heating rate of 10 ◦C/min in a nitrogen (N2) atmosphere,
and passing through a 120-mesh sieve. The soil samples were taken from the petrochemical
production area of Shandong Haihua Group Co., Ltd. (Shandong, China). After collection,
the soil samples were dried naturally for a week and then sieved through a 20-mesh sieve to
remove large particles. The total petroleum hydrocarbon (TPH) content of the soil samples
was 16,000 mg/kg, and the pH was about 7.

2.2. Preparation of Materials

Preparation of g-C3N4: 10g of urea was placed in a ceramic crucible with a cover,
which was heated in a muffle furnace from 20 ◦C to 550 ◦C at a rate of 5 ◦C/min and held
constant for 4 h. The samples were ground after the crucible cooling to room temperature,
and g-C3N4 was obtained after passing through a 150-mesh standard sieve.

Preparation of BC/g-C3N4: the BC and g-C3N4 were mixed in proportion, and the
deionized water was added into the mixed samples. Afterward, the mixed samples were
ultrasonically cleaned for 30 min and stirred for 2 h at 40 ◦C to form the suspension. Then,
the suspension was dried at 105 ◦C to a constant weight, and the BC/g-C3N4 composites
were obtained. The doping ratios of BC to g-C3N4 were 2:1, 1:1, 1:2, 1:3, 1:4, and 1:5, and
the different proportions of BC/g-C3N4 samples were obtained using the above methods.

2.3. Characterization Analysis of BC and BC/g-C3N4

The surface morphologies of BC/g-C3N4 and BC were obtained by a Zeiss Ultra 55
Scanning Electron Microscope (SEM, Zeiss, Sigma, Oberkochen, Germany). The specific
surface areas of the samples were taken by N2 adsorption-desorption using the Brunauer–
Emmett–Teller method (BET, Micromeritics, asap246, Norcross, GA, USA). Fourier trans-
form infrared spectroscopy (FT-IR) spectra was obtained by a Nicolet 5700 Series infrared
spectrometer (Thermofisher, Nicolet 5700, Waltham, MA, USA). Samples were character-
ized by X-ray diffraction spectroscopy (XRD, BrukerAXS, D8-02, Karlsruhe, Germany) for
phase identification.

2.4. Adsorption and Photodegradation Experiments

The adsorption experiments were conducted in the dark. Petroleum-contaminated
soil samples (16 g) and 1.28 g BC or g-C3N4 were mixed in a petri dish with a diameter of
9 cm. The thickness of the mixed samples was about 1.4 mm, and the moisture content
of the mixed samples were maintained at 10% by regularly adding the deionized water.
The adsorption experiments were maintained at 25 ◦C, and the soil samples without the
absorbent were used as a blank control. The soil samples were taken periodically, and then
passed through a 60-mesh sieve to remove BC or g-C3N4, and the TPH content of the soil
was detected by an ultraviolet spectrophotometer (UV-5100B, Shanghai Leewen Scientific
Instrument Co., Ltd., Shanghai, China) with petroleum ether as the extraction agent.

The photodegradation experiments were carried out with the g-C3N4 as the pho-
tocatalyst under the irradiation of a LED light. The light was placed at the top of the
incubator, and the intensity of the light was 8000 Lux. One blank sample was treated with
light avoidance. The procedure of the photodegradation experiments was the same as the
adsorption experiments, except for the LED light irradiation.

The adsorption and photodegradation experiments of BC/g-C3N4 were carried out
under light irradiation, and the experiment procedure was the same as the photodegra-
dation experiments. The soil samples without BC/g-C3N4 were used as a blank control
group. To investigate the optimal conditions of BC/g-C3N4 treating the contaminated soil,
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the doping ratio, dosage, soil moisture content, and soil acidity–alkalinity were chosen as
the influencing factors.

Setting of influencing factors: (1) Doping ratio: 2:1, 1:1, 1:2, 1:3, 1:4, 1:5; (2) The dosage
of BC/g-C3N4: 0.01, 0.02, 0.04, 0.08, 0.12, 0.16 g/g; (3) Soil acidity and alkalinity: acidic,
neutral, alkaline; (4) Soil moisture content: 2%, 5%, 10%, 20%, 30%; (5) Reaction time: 3, 5,
7, 9, 11, 13, 15, 17, 19, 21, 23, 25, 27, 29 d.

2.5. Free Radical Trapping Experiments

To investigate the mechanism of the photodegradation, inhibition tests on pure BC/g-
C3N4 samples were carried out using different radical scavengers. Isopropanol (IPA),
ascorbic acid (AA), and ethylene diamine tetraacetic acid (EDTA) were chosen as the
scavengers for superoxide radical (·O2

−), hydroxyl radical (·OH), and hole (h+), respectively.
The concentration of the scavengers was 1 mM.

2.6. Analysis of n-Alkanes and PAHs in Soil

Changes of petroleum components in soil samples were analyzed after allowing
adsorption and photodegradation for 28 d. Samples were compared with those treated by
BC or g-C3N4 alone.

In order to analyze the changes of nC10-nC40 in soil, the soil sample was mixed
with the diatomite to dewater, and transferred into the extraction tank for extraction
with the extraction repeated three times. All of the extraction liquid was collected into a
concentration cup and concentrated to 1.0 mL. Then, the concentrated solution was passed
through a magnesium silicate column, and the column was eluted with n-hexane of 12 mL.
The concentrate and eluent were collected together and concentrated to 1 mL. The sample
was then analyzed with a gas chromatography method (GC, Agilent Technologies 7890B,
Palo Alto, CA, USA).

In order to analyze the changes of TPH in soil, the soil sample was mixed with
anhydrous sodium sulfate and extracted by carbon tetrachloride for 0.5 h in the ultrasound
instrument and 1 h in the oscillator. The extraction liquid was condensed to 1 mL in a rotary
evaporator and separated by the silica gel column chromatography using dichloromethane
as an eluent. The eluent was evaporated to dryness under a nitrogen atmosphere. The
sample was then analyzed with a gas chromatography–mass spectrometry method (GC–MS,
Agilent 7890B-5977B, Palo Alto, CA, USA).

2.7. Statistical Analysis

Each treatment was carried out in triplicate. The data are represented by the averages
of three values, and the statistical analysis was performed using SPSS 22.0. One-way
ANOVA (p < 0.05) was used for statistical analysis of the data obtained from the experiment,
and the results of the experiments were presented with the standard deviation (SD) shown
by an error bar. The letters are used to indicate whether there is a significant difference
between the two data sets.

3. Results and Discussion

3.1. Characterization Analysis
3.1.1. SEM Analysis

The surface morphology and microstructure of the prepared samples were investigated
by SEM. As shown in Figure 1a, the microscopic morphology of BC is a tightly-arranged,
banded, porous structure. The SEM image of BC/g-C3N4 is shown in Figure 1b, and the
g-C3N4 was evenly distributed on the BC surface. In addition, the roughness and porosity
of BC/g-C3N4 were increased, which was due to the g-C3N4 being well stacked on the BC
matrix. This was beneficial for increasing the adsorption and photocatalytic efficiency of
the material.
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Figure 1. SEM images of (a) BC and (b) BC/g-C3N4 (1:3).

3.1.2. BET Analysis

The N2 adsorption–desorption isotherms and pore size distribution for the BC and
BC/g-C3N4 are shown in Figure 2. The N2 BET surface area of the BC/g-C3N4 was as high
as 612.69 m2/g, which was higher than that of BC (541.61 m2/g). After loading g-C3N4
on the surface of BC, the specific surface area of BC approximately doubled, indicating
that the BC/g-C3N4 had more pore structures, which was also consistent with the result
of SEM. The larger specific surface area was beneficial for the enrichment of pollutants,
and provided sufficient catalytic sites for photocatalytic degradation [35]. However, the
average pore size did not vary much. The average pore sizes of BC/g-C3N4 and BC were
2.03 nm and 3.30 nm, respectively. The adsorption isotherms of the BC/g-C3N4 showed
type I isotherms (IUPCA classification), which was mainly monolayer adsorption. The
adsorption isotherms of the BC showed type II isotherms, which was mainly multilayer
absorption [36]. The loading of g-C3N4 on the surface of BC increased the specific surface
area and pore structure, which facilitated the adsorption and photocatalytic degradation
of TPH.

Figure 2. (a) N2 adsorption–desorption isotherms; (b) pore size distribution curves of BC and
BC/g-C3N4 (1:3).

3.1.3. FTIR and XRD Analysis

Figure 3a represents the FTIR spectra of BC, g-C3N4, and BC/g-C3N4. For the BC
sample, the band at 1520 cm−1 was due to the bending vibration of amino. The band at
1140 cm−1 was attributed to the stretching vibration of C-O in cellulose, hemicellulosic and
lignin or C-O-C in cellulose and hemicellulosic, and the one at 665 cm−1 was attributed
to the bending vibration peak of C-H of the aromatic ring. For the g-C3N4 and BC/g-
C3N4 samples, an adsorption peak at 3200 cm−1 was observed, which originated from the
stretching vibrations of N-H and O-H. In addition, the g-C3N4 and BC/g-C3N4 samples
presented a series of bands of the typical stretching vibration modes of C-N heterocycles
(1600, 1480, and 1260 cm−1) [37] and the intense bending vibration mode of the tri-s-triazine
unit (800 cm−1) [38]. The peak shape of BC/g-C3N4 was basically the same as those of
g-C3N4, and the characteristic peaks of BC/g-C3N4 were weakened. This phenomenon
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indicated that the BC-loaded g-C3N4 was not a simple physical mixing but formed a
compact structure with lower energy [28].

Figure 3. (a) FTIR and (b) XRD of BC, g-C3N4, and BC/g-C3N4 (1:3).

Figure 3b shows the XRD diffraction pattern of BC, g-C3N4, and BC/g-C3N4. The
diffractograms of g-C3N4 and BC/g-C3N4 showed two peaks at 2θ = 13.5◦ and 27◦, cor-
responding to two lattice planes ((100) and (002)) of g-C3N4, respectively, indicating that
g-C3N4 was successfully loaded on the surface of BC.

3.2. Analysis of Adsorption and Photocatalytic Capacity

The removal efficiency of TPH in the contaminated soil samples by BC, g-C3N4, and
BC/g-C3N4 is shown in Figure 4. The results showed that the BC removed the TPH from
the soil mainly by adsorption, and 25.7% of TPH was removed in the 28 d experiment. The
TPH removal rate of g-C3N4 was only 5% under dark conditions, whereas the TPH removal
rate of g-C3N4 reached 27.9% under light conditions, indicating that g-C3N4 degraded TPH
in soil mainly by photocatalysis. It is clearly evident that BC/g-C3N4 showed a higher
removal potential than the BC and g-C3N4 (p < 0.05), as 54.5% of TPH was removed in the
28-d experiment, and the removal efficiency of TPH by BC/g-C3N4 was 2.12 times and
1.95 times of the BC and g-C3N4, respectively. This is because the BC/g-C3N4 had a larger
specific surface area and a wider energy band, which facilitated the adsorption of TPH
on its surface and the separation of electrons and holes, thus greatly improving the TPH
removal efficiency of BC/g-C3N4 [39,40].

Figure 4. TPH removal efficiency by BC, BC/g-C3N4 (1:3), g-C3N4 (dark), g-C3N4 (light).
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3.3. Removal of TPH in Soil by BC/g-C3N4
3.3.1. Effect of the BC to g-C3N4 Doping Ratio on TPH Removal Efficiency

Figure 5a shows the changes in TPH removal efficiency with different doping ratios of
BC to g-C3N4. The results show that the TPH removal rate increased from 35% to 54% when
the doping ratio changed from 2:1 to 1:3. However, as the g-C3N4 dosage continued to
increase, the TPH removal efficiency gradually decreased. This may be due to the initially
large amount of g-C3N4 adsorbed on the surface of BC, which increased the surface area of
BC and provided more adsorption sites for TPH. At the same time, g-C3N4 played a role
in the photocatalytic degradation of TPH in soil, and the removal rate of TPH by BC/g-
C3N4 was greatly improved. When the g-C3N4 continued to increase, excessive g-C3N4
accumulated on the BC/g-C3N4 surface and occupied adsorption sites on the BC/g-C3N4
surface, showing competition with the adsorption of TPH. In addition, excessive g-C3N4
agglomerated on the surface of BC, reducing the contact area between the pollutant and
the catalyst [41]. This was not conducive to the removal of TPH in the soil by BC/g-C3N4.

Figure 5. The TPH removal efficiency by BC/g-C3N4 under various conditions: (a) doping ratio,
(b) pH, (c) moisture content, (d) dosage.

3.3.2. Effect of Soil Acidity and Alkalinity on TPH Removal Efficiency

Figure 5b shows the effect of soil acidity and alkalinity on the TPH removal efficiency
by BC/g-C3N4. Both acidic soil and alkaline soil were not conducive to the TPH removal
efficiency by BC/g-C3N4. A neutral environment was the most conducive to the removal
of TPH in soil by BC/g-C3N4. The higher the concentration for H+ in soil under acidic
conditions, the more H+ ions competed in the active sites of BC/g-C3N4 with TPH, which
resulted in the reduction of TPH removal efficiency [42]. Under alkaline conditions, the
organic acids and acidic substances of the petroleum reacted with the OH− ions in soil to
produce surface-active substances, making TPH easily desorbed from BC/g-C3N4, which
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was not favorable to the adsorption and enrichment of TPH by BC/g-C3N4 [43]. Therefore,
under neutral soil conditions, BC/g-C3N4 was more beneficial to the removal of TPH
in soil.

3.3.3. Effect of Moisture Content on TPH Removal Efficiency

Figure 5c shows the effect of moisture content of soil on the TPH removal efficiency. It
can be seen from the figure that the TPH removal efficiency gradually increased with the
increasing of moisture content. Low moisture content was not conducive to the functioning
of BC/g-C3N4, and the TPH removal rate of air-dried soil was only 40%. On the one
hand, the moisture content of soil was so low that the electrons excited by visible light
could only be transferred by air as the medium, and the transfer efficiency was not as
good as in water. Thus, the TPH removal efficiency was low. The mass transfer rate of the
solid–solid phase was much lower than that of the solid–liquid phase, so the low moisture
content also inhibited the removal of TPH by BC/g-C3N4. When the moisture content of
soil reached 10%, the TPH removal rate reached a maximum value of about 58% and then
remained constant.

3.3.4. Effect of BC/g-C3N4 Dosage on TPH Removal Efficiency

Figure 5d shows the effect of the dosage of BC/g-C3N4 on the TPH removal efficiency.
It can be seen from the figure that the dosage of BC/g-C3N4 increased from 0.01 g/g to
0.02 g/g, and the TPH removal rate increased rapidly from 44.5% to 50.8%. More adsorption
sites were provided for TPH in the soil with the increase in the dosage of BC/g-C3N4, and
more oxidation active intermediates were produced for the photocatalysis of TPH in the
reaction system. However, with the excessive increase of BC/g-C3N4, the adsorption sites
and oxidation active substances were surplus, which made the specific removal of TPH
decrease. As shown in Figure 5d, when the dosage of BC/g-C3N4 increased from 0.01 g/g
to 0.16 g/g, the specific removal amount of TPH decreased rapidly from 354.1 mg/g to
32.1 mg/g. Therefore, the optimal dosage of 0.08 g/g can not only achieve a better removal
effect, but also control the reasonable production cost.

3.4. Kinetic Analysis

The experimental data were fitted by pseudo-first-order kinetic and pseudo-second-
order kinetic [44]. The fitting results are shown in Figure 6 and Table 1.

The pseudo-first-order kinetic model: qt = qe

(
1 − e−K1t

)
(1)

The pseudo-second-order kinetic model: qt =
q2

e K2t
1 + qeK2t

(2)

where qe is the equilibrium removal capacity of TPH, mg/g; t is the reaction time, d; K1 is
the rate constant of the pseudo-first-order kinetic model, d−1; K2 is the rate constant of the
pseudo-second-order kinetic model, mg·g−1·d−1.

Table 1. Kinetic parameters of TPH removal by BC/g-C3N4.

Pseudo-First-Order Kinetics Model Pseudo-Second-Order Kinetics Model

qe/(mg·g−1) K1/d−1 R2 qe/(mg·g−1) K2/(mg·g−1·d−1) R2

102.51 0.0620 0.959 101.72 0.0161 0.981
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Figure 6. Kinetics model of TPH removal by BC/g-C3N4.

Figure 6 and Table 1 show the pseudo-first-order kinetic model, pseudo-second-order
kinetic model, and fitting parameters of the TPH removal by BC/g-C3N4, respectively. As
shown in Figure 6, the removal rate of TPH from soil by BC/g-C3N4 increased gradually
with time at first. After a period of time, the removal rate of TPH gradually reached the
equilibrium state. It can be seen from Table 1 that the R2 of the pseudo-second-order kinetic
model was larger than that of the pseudo-first-order kinetic model, and the theoretical
removal capacity calculated by the pseudo-second-order kinetic model was closer to the
actual value, so the pseudo-second-order kinetic model was more suitable for the process of
TPH removal. Therefore, the removal of TPH in soil by BC/g-C3N4 was not only a simple
physical adsorption, but also included a chemical process [45].

3.5. Gas Chromatography Analysis

The contents of n-alkanes and PAHs in soil were determined by GC and GC-MS
methods. According to the test results, the total concentration of PAHs in the origi-
nal soil sample was 0.63 mg/kg, and only benzo(g,h,i)perylene, benzo(k)fluoranthene,
dibenz(a,h)anthracene, and indeno(1,2,3-cd)pyrene were detected. There were no PAHs
that could be detected after the soil samples were treated by BC, g-C3N4 or BC/g-C3N4.
Figure 7a shows the GC chromatogram of n-alkanes in soil samples treated by different
materials. As observed from the chromatogram of the original soil sample, the n-alkanes
were composed of a wide range of hydrocarbons from nC13 to nC35. The relative concentra-
tions of nC17-nC28 were higher than the other n-alkanes, and that of C28 was the highest.
The peaks of nC13 and nC14 almost disappeared with the contaminated soil treated by BC,
g-C3N4, or BC/g-C3N4. In addition, the peaks of nC29-nC35 also almost disappeared with
the contaminated soil treated by BC/g-C3N4. As shown in Figure 7b, the removal rates
of nC13-nC15 were above 95% with the contaminated soil treated by BC or g-C3N4. The
removal rates of nC16-nC35 were around 50% for BC treatment, which reached around 80%
for g-C3N4 treatment. When BC/g-C3N4 was used to remove n-alkanes from soils, the
nC13-nC15 were completely removed, and the removal rates of the nC16-nC35 increased
to more than 90%. The BC/g-C3N4 synergistically worked to improve the removal of
petroleum hydrocarbons from the soil significantly, which was consistent with the previous
results shown in Figure 4.
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Figure 7. (a) GC chromatogram of n-alkanes in soil samples treated with different materials at 28 d;
(b) The removal rate of each n-alkane in soil samples treated with different materials.

In addition to PAHs and n-alkanes, the TPH in contaminated soil also included
branched alkanes and cycloalkanes. The removal of n-alkanes by g-C3N4 photocatalysis
was higher than that by BC adsorption, but the difference in the removal of TPH was
not significant, indicating that the removal of branched alkanes and cycloalkanes by BC
adsorption was more effective. This is because the structure of cycloalkanes was stable and
it was difficult to open their rings, so the g-C3N4 photocatalytic degradation was difficult
to perform. However, the adsorption of BC was not selective and was little-influenced by
the nature of the pollutants. Thus, the removal rates of different components in TPH by
BC were more average. The removal rates of n-alkanes treated by g-C3N4 and BC/g-C3N4
were much higher than the TPH removal rates in soil samples. This indicated that g-C3N4
and BC/g-C3N4 were relatively ineffective in removing branched and cyclic alkanes from
the TPH, and that the remaining constituents in the soil were mostly obstinate-branched
and cyclic alkanes [46].

3.6. Photocatalysis Mechanism

Figure 8 shows the adsorption and photocatalytic mechanism of BC/g-C3N4. The
g-C3N4 could generate electron–hole pairs under visible light. Under irradiation, electrons
were excited from the valence band (VB) of g-C3N4 to its conduction band (CB), leaving
a positively-charged hole (h+) in the VB of g-C3N4. The disadvantage of the pure g-
C3N4 photocatalytic material was that the photo-generated electrons and holes rapidly
combined to fail, which affected its photocatalytic efficiency [47]. As a conductive channel,
BC enhanced the electron transfer rate of g-C3N4 and provided more active sites for
photocatalysis [48]. In addition, BC played the role of electron traps, and the photo-
generated electrons of g-C3N4 could be transferred to BC for temporary storage, which was
conducive to the separation of electron–hole pairs, so that more electrons were involved in
the photocatalytic process and the photocatalytic efficiency was improved [49]. The rich
pore structure and large specific surface area of BC could enrich TPH in soil, and had a
synergistic effect with the photocatalytic process of g-C3N4.
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Figure 8. Removal mechanism of TPH by BC/g-C3N4 (1:3).

The electrons in g-C3N4 and the electrons accumulated on BC combined with O2
to form superoxide radical (·O2

−), whereas the remaining holes in the VB combined
with H2O to form hydroxyl radical (·OH). The removal of petroleum hydrocarbons from
the soil is carried out by the strong oxidizing properties of these groups. In order to
understand the degradation mechanism in depth, the active radicals were identified by free
radical capture experiments. Isopropanol (IPA), ascorbic acid (AA), and ethylene diamine
tetraacetic acid (EDTA) were employed as the hydroxyl radical (·OH), superoxide radical
(·O2

−), and hole (h+) scavengers. As Figure 9 shows, the removal rates of TPH decreased
when the scavengers were added, indicating that ·OH, ·O2

−, and h+ were involved in the
photocatalytic degradation of TPH. In particular, the removal rate of TPH greatly decreased
from 55.94 to 24.87% after the addition of AA, indicating that ·O2

− was the main active
radical in the photocatalytic process.

Figure 9. BC/g-C3N4 (1:3) toward TPH degradation in the presence of different trapping agents.

4. Conclusions

An environmentally-friendly soil remediation method based on the BC and g-C3N4
has been developed to remediate petroleum-contaminated soil. The novel composites
BC/g-C3N4 were prepared by the impregnation method. It can be confirmed that the
BC/g-C3N4 was successfully formed from the surface composition and morphological
structure. The results of the adsorption and photodegradation experiments showed that
the composite had superior adsorption and photocatalytic properties. Under the visible
light irradiation, the BC/g-C3N4 showed excellent performance for removing the TPH
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from soil. The removal rate of TPH by BC/g-C3N4 was 2.12 and 1.95 times that of BC
and g-C3N4. As a conductive channel, BC enhanced the electron transfer rate of g-C3N4
and provided more active sites for photocatalysis. In addition, the porous structure of
BC can provide more adsorption sites for TPH. These effects synergistically improved the
adsorption and photocatalytic activity of BC/g-C3N4 significantly. The optimum doping
ratio of 1:3 between BC and g-C3N4 was determined by single-factor experiments, and the
best removal effect could be achieved by adding BC/g-C3N4 at a dosing rate of 0.08 g/g in a
neutral soil with 10% moisture content. The active species trapping experiments reveal that
the ·O2

− plays a major role in the process of TPH degradation. The BC/g-C3N4 composites
could be considered a promising material for the degradation of organic pollutants. This
study provides a potential idea for the efficient degradation of TPH in soil. However,
this method also faces the problem of difficult catalyst recovery in practical applications.
In the future, compounding with magnetic nanomaterials should be considered, to use
magnetism to recover composite materials from soil, so as to achieve the reuse of materials
and to reduce costs. In addition, it is important to explore the co-doping or tri-doping
of composites with certain elements to further improve their light absorption range and
electron transfer capability.
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Abstract: Soils at primary explosives sites have been contaminated by high concentrations of anti-
mony (Sb) and co-occurring heavy metals (Cu and Zn), and are largely overlooked and neglected.
In this study, we investigated Sb concentrations and species and studied the effect of combined Fe-
and Fe–Al-based sorbent application on the mobility of Sb and co-occurring metals. The content
of Sb in soil samples varied from 26.7 to 4255.0 mg/kg. In batch experiments, FeSO4 showed ideal
Sb sorption (up to 97% sorption with 10% FeSO4·7H2O), whereas the sorptions of 10% Fe0 and 10%
goethite were 72% and 41%, respectively. However, Fe-based sorbents enhanced the mobility of
co-occurring Cu and Zn to varying levels, especially FeSO4·7H2O. Al(OH)3 was required to prevent
Cu and Zn mobilization. In this study, 5% FeSO4·7H2O and 4% Al(OH)3 mixed with soil was the
optimal combination to solve this problem, with Sb, Zn, and Cu stabilizations of 94.6%, 74.2%, and
82.2%, respectively. Column tests spiked with 5% FeSO4·7H2O, and 4% Al(OH)3 showed significant
Sb (85.85%), Zn (83.9%), and Cu (94.8%) retention. The pH-regulated results indicated that acid
conditioning improved Sb retention under alkaline conditions. However, no significant difference
was found between the acidification sets and those without pH regulation. The experimental results
showed that 5% FeSO4·7H2O + 4% Al(OH)3 without pH regulation was effective for the stabilization
of Sb and co-occurring metals in primary explosive soils.

Keywords: primary explosives site; heavy metal contamination; antimony; co-occurring metal;
Fe–Al-based amendment; immobilization

1. Introduction

Antimony (Sb) is an element of growing environmental concern because of the
widespread use and uncontrolled release of Sb compounds into the environment [1–4]. In
addition, antimony has a carcinogenic potential [5] and Sb(III) has been shown to poten-
tially cause lung cancer in female rats [6]. Background concentrations of Sb in soil tend to
be lower than 1 mg/kg [3]. However, the major smelting and general use of Sb has led
to severe site contamination, which poses a significant risk to the local environment [7–9]
and humans [10]. An increasing number of studies have shown that antimony pollution
is a global issue [11,12] because of its toxicity to humans and its role in causing liver,
skin, and respiratory and cardiovascular diseases [10]. Soil is an important medium for
Sb concentration and migration. In recent years, increased attention has been given to
Sb-contaminated soil in mining areas and shooting ranges [10,13–16]. However, few studies
have investigated Sb-contaminated soils by primary explosives because of confidentiality
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and sensitivity. A significant input of Sb into the environment occurs through the pro-
duction and use of primary explosives because Sb was historically used as a combustible
agent for classical primary explosives, which contain 33.4% Sb2S3 [17]. The weathering
and corrosion of combustion residue lead to the mobilization of metalloid Sb in anionic
form [18]. Primary explosives sites, which are often characterized by critical concentrations
of co-occurring copper (Cu) and zinc (Zn) [19–21], can be of particular environmental
concern because they represent hazardous multi-element contamination sources for sites
zones. The leachate of Sb and co-occurring metals from primary explosive production and
use areas poses a serious long-term threat to the environment and human health. Thus, the
immobilization or a reduction in the mobility and bioavailability of Sb and co-occurring
metals in primary explosives sites is critical.

Sb enters the soil environment primarily as Sb2S3 (stibnite) and Sb2O3 (senarmon-
tite, valentinite) [22]. Chemical/physical weathering and naturally occurring oxidation
and microbial processes are often responsible for converting primary Sb mineral phases,
predominantly sulfides and oxides, to secondary Sb minerals, which are soluble in soil
pore water and more mobile in the environment [23]. Most of the antimony is confined
to the top 30 cm layer of the soil and is bound tightly to soil-derived humic acid molar
mass fractions that are extracted from the top 10 cm layer [12]. The formation of stable sec-
ondary Sb minerals by precipitation and adsorption on metal oxyhydroxides (for example
Fe-based sorbents [24,25]) are the most prominent naturally occurring processes that can
control the mobility and transformation of Sb species in soil systems [26]. In the natural
environment, the mobility, bioavailability, and toxicity of Sb are primarily dependent on
its chemical speciation [3,27]. Antimony exists in a variety of oxidation states (−III, 0, III,
V), with oxidation states III and V being predominant in aqueous environments across a
wide pH range (4–10) [28]. In the natural environment, Sb(III) occurs primarily as Sb(OH)3
under anaerobic conditions between pH 2 and 10 [3,27], whereas Sb(V) is a predominant
species that exists as Sb(OH)6

- in aerated environments [29] and has a high affinity to amor-
phous and crystalline Fe-(hydr)oxides, with which it can form stable bidentate inner-sphere
complexes [30]. These interactions are favored by goethite in the pH range of 7.5–9.0, by
hematite at pH 8.5, by ferrihydrite in the pH range of 7.0–7.9, and by akaganeite in the pH
range of 9.5–10 [31]. However, Sb with different valence states has different properties; for
instance, Sb(III) can adsorb strongly on goethite over a wide pH range from 3 to 12, whereas
the maximum adsorption of Sb(V) occurs only below pH 7 [32]. These Fe-based metals
adsorb Sb strongly and act as oxidants to transform Sb(III) to Sb(V) [33,34]. Laboratory-scale
testing indicated that Fe2(SO4)3 may be applicable to Sb immobilization in soils [15]. The
sorption effect is based on the reaction of Sb(V) with the surface hydroxyl group of Fe-based
materials. However, the mobility of co-occurring Cu and Zn was enhanced after Fe-based
sorbent addition [15]. In the pH range of 5–9, co-occurring metals behave differently,
and are commonly present in soil solutions as cations at acidic and circumneutral pH or
as soluble soil organic matter (SOM)-metal(II) complexes at higher pH [31]. At neutral
and alkaline pH, substantial amounts of heavy metals are immobilized as Me-hydroxides,
Me-caralbonates or Me-hydroxycarbonates (Me indicates heavy metals). Soluble heavy
metals show a limited affinity for hydroxyl groups because of their cationic nature, but
they interact more strongly with negatively charged components [31]. Thus, the different
speciation, mobility, and bioavailability between Sb and co-occurring metals make the iden-
tification of suitable amendments challenging. Aluminum (hydr)oxides show important
sorption properties for Pb, Cd, and Zn [35]. Aluminum (hydr)oxides can be protonated,
which makes their surface positively charged and generates electrostatic interactive forces
with negatively charged Sb(V) [36]. Only a few amendments, which are based mostly on
Fe- and Al-containing materials, have been tested with variable success as Sb-immobilizing
agents. Limited studies have examined the mobility of Sb and co-occurring metals in soil
and the selection of ideal sorbents for their immobilization.

The focus of this work was on soil that was contaminated with Sb in primary explosives
production sites with the main goals being: first, to investigate the mobility and speciation
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of Sb in primary explosive sites; second, to evaluate the effect of the combined application
of Fe–Al mixed amendments for primary explosive sites using batch and column tests; and
third, investigate the pH effect on Sb immobilization.

2. Materials and Methods

2.1. Sb-Contaminated Soils and Adsorbents

Sb-contaminated soils were collected from primary explosives production workshops
from a primary explosives site in Heilongjiang, China. The specific coordinates have not
been provided because of the confidentiality and sensitivity of this military enterprise.
This site produced primary explosives for more than 60 years and remains operational.
Based on previous environmental site investigation by soil boreholes, it was found that
Sb was enriched mostly on the surface soil layer, and thus, nine soil samples (S1–S9) were
collected at the surface (0–20 cm depth). Samples were air-dried at room temperature,
crushed with a wooden roller and sieved through a 150-μm mesh, which is thought to
better estimate human exposure than bulk soil [37]. The samples were mixed and prepared
for soil analysis.

The soil sample with the highest concentration of Sb was used for soil immobilization
studies. Four adsorbents were used: ferrous sulfate (FeSO4·7H2O, powder); goethite
(HFeO2, powder); Fe0 (powder); and aluminum hydroxide (Al(OH)3, powder).

2.2. Soil Analysis

Soil physicochemical properties were measured on triplicate samples with three blanks.
Soil pH was measured in a 1:5 (w/v) soil/deionized soil suspension by using a pH meter
(PHSJ-4A, INESA Scientific Instrument Co., Ltd., Shanghai, China) after 1 h of equilibration
according to ISO10390:2005. After microwave-assisted digestion with HCl + HNO3 +
HClO4 (3:1:1) at 190 ◦C for 15 min, the mixture was cooled, filtered (<0.45 μm), and diluted
with ultrapure deionized water. Total Sb (Sbtot) concentrations were determined by hydride
generation atomic fluorescence spectrometry (HG-AFS) (AFS 9700, Titan Instrument Co.
Ltd., Beijing, China) [2]. The total contents of Fe, Mn, Zn, and Cu were determined by
using inductively coupled plasma atomic emission spectrometry (ICP-AES) (NexION300x,
PerkinElmer, Waltham, MA, USA) [38]. The modified European Community Bureau of
Reference (BCR) sequential extraction method [39] was used as a sequential extraction
process for Sb. Sb speciation in soil is divided into a soluble/exchangeable fraction (F1),
reducible fraction (F2), oxidizable fraction (F3), and residual fraction (F4) based on the BCR
technique [40]. The processes were as follows—step 1: 0.5 g soil + 20 mL of 0.11 mol/L
HAc was agitated continuously at ambient temperature for 16 h, and supernatant was
used to determine the acid-soluble fraction; step 2: the soil in step 1 + 20 mL of 0.5 mol/L
NH2OH·HCl was agitated at ambient temperature for 16 h, and the supernatant was used
to determine the reducible fraction; step 3: the soil in step 2 + 5 mL of 8 mol/L H2O2 was
agitated continuously at ambient temperature for 1 h, placed in a water bath at 85 ◦C for
1 h and treated with 25 mL of 1 mol/L NH4Oac for 16 h at ambient temperature, with
supernatant being used to determine the oxidizable fraction; step 4: the residual soil was
digested with aqua regia to obtain a residue fraction.

2.3. Immobilization Experiment
2.3.1. Batch Experiments

Batch experiments and column leachate experiments were performed on the soils
that were most polluted with Sb (S9). Experiments were performed in a 50 mL centrifuge
tube with four grams of untreated soil or soil amendment mix (0%, 2%, 5%, and 10%
iron-based adsorbent; 0%, 2%, and 4% aluminum-based adsorbent) and the corresponding
volume of deionized water was treated with a Milli-Q water purification device (Millipore
Corp, Billerica, MA, USA) with a liquid-to-solid ratio of 10 (L/S). Centrifuge tubes were
shaken at 100 rpm/min for 10 days at room temperature (25 ± 1 ◦C) in an incubator shaker.
Based on the earlier sorption studies of Sb to Fe-based materials, 10 days reaction time was
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sufficient to reach equilibrium [15,41]. All experiments were performed in triplicate. After
reaction, the samples were centrifuged, and the supernatant was filtered with a 0.45 μm
filter membrane (PES, ReLAB). The filtrate was used for Sb, Cu, and Zn analysis.

2.3.2. Column Leachate Experiments

Column leachate experiments were carried out in triplicate with untreated soil and in
quintuplicate with 5% FeSO4 and 4% Al(OH)3 stabilized soil without or with pH regulators
(i) 4% sodium bisulfate and (ii) 4% sodium carbonate. Column leachate experiments, as
shown in Figure 1, were carried out in polyethylene columns (length 300 mm × internal
diameter 22 mm) packed with 160 g thoroughly mixed soil material of untreated soil
(Group A), stabilized soil + 4% NaHSO4 (Group B), stabilized soil (Group C), and stabilized
soil + 4% Na2CO3 (Group D).

Figure 1. Structure of column experiments.

Double filter papers (0.45 um) and 50 mm long quartz sands were installed at the top
and bottom of the column for particle retention. Deionized water was added to the columns
in an upward flow direction at approximately 0.38 mL/min by a peristaltic pump over an
18-day period. The calculated pore volume (PV) in the soil column was 0.043 L, based on
an assumed soil porosity of 0.4 (total 550−600 PV) [15]. During the column experiment,
samples were collected regularly and filtered for immediate analysis.

3. Results and Discussions

3.1. Soil Characteristics and Risk

The main soil physicochemical properties are summarized in Table 1. All nine soil
samples were calcareous, with pH values varying from 7.69 to 8.37, which is consis-
tent with the local soil pH range [42]. The concentrations of Fe and Mn in the soil
were 2 × 104–3.22 × 104 mg/kg and 396–719 mg/kg, respectively. The total concentra-
tion of Sb, Cu, and Zn in the studied area varied from 26.73 to 4255, 24.29 to 312.3, and
67.62 to 1330 mg/kg, respectively. Antimony was the main contaminant in this primary
explosives site and was 0.34–211.8 times higher than the Chinese screening value of the
first land use category (20 mg/kg), based on the document of “Soil Environmental Quality
Risk Control Standard for Soil Contamination of Development Land”, which was issued by
the Ministry of Ecology and Environment of China. The highest concentration of Sb in soil
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sample S9 (4255 mg/kg) was 211.8 times and 105.4 times higher than the corresponding
risk screening value (20 mg/kg) and control value (40 mg/kg), respectively.

Table 1. Main physicochemical characteristics of soils.

Soil pH
Concentrations (mg/kg)

Mn Fe Cu Zn Sbtot

S1 8.37 ± 1.70 499 ± 66.54 32,200 ± 876.43 25.37 ± 0.17 71.19 ± 14.81 26.73 ± 2.31
S2 7.8 ± 0.27 573 ± 36.67 30,000 ± 156.47 24.29 ± 3.12 67.62 ± 0.52 61.32 ± 4.27
S3 8.11 ± 0.75 545 ± 20.82 28,900 ± 488.27 33.55 ± 1.57 83.80 ± 3.50 108.01 ± 6.43
S4 7.96 ± 0.19 413 ± 41.93 24,200 ± 893.30 232.85 ± 5.87 402.75 ± 95.65 216.60 ± 9.64
S5 7.69 ± 0.40 628 ± 16.05 31,200 ± 366.70 186.74 ± 2.75 868.02 ± 78.23 267.26 ± 172.5
S6 7.93 ± 1.41 396 ± 14.83 23,000 ± 259.53 103.76 ± 5.44 331.36 ± 11.83 512.09 ± 19.52
S7 8.15 ± 1.58 513 ± 37.53 25,000 ± 456.95 312.30 ± 14.83 981.60 ± 10.42 719.36 ± 23.34
S8 7.91 ± 0.08 554 ± 52.51 23,600 ± 99.28 35.26 ± 1.56 215.88 ± 7.25 953.91 ± 39.72
S9 8.25 ± 1.87 719 ± 189.57 20,000 ± 127.71 80.16 ± 3.05 1330.05 ± 36.67 4255.03 ± 231.50

The BCR method is used extensively as a sequential extraction process for heavy
metal [38]; thus, BCR sequential analysis was used to measure the main contaminant (Sb).
The fraction of Sb in the primary-explosives-contaminated soil in Figure 2 followed the
order (average values): F4 fraction (38.05–94.22%) > F2 fraction (0.01–31.80%) > F3 fraction
(0.32–21.55%) > F1 fraction (0.76–12.92%). The F4 fraction of the heavy metals is considered
to be associated with stable minerals with the lowest mobility [40]; thus, Sb in S2 soil
sample was the most stable. As a result, S2 may pose least risk. The F4 fraction of Sb was
slightly different in S1, S2, and S3, and decreased significantly in the other soils, especially
in S9 (only 38.05%). The Sb of the F1 and F2 fractions can be combined as directly available
fractions [43] with a direct toxicity [44] because the Sb in these two fractions is highly mobile
when environmental conditions (such as pH and Eh) change. The F3 fraction of Sb is easily
mobilized and transformed into the F1 and F2 fractions, and potential eco-toxicity should
not be ignored [44]. The total concentrations of F1, F2, and F3 fractions are a bioavailable
fraction because of their direct and potential eco-toxicity [40]. Figure 2 shows that Sb
had the highest proportion of F1 + F2 + F3 phase (61.95%) in S9, which indicates that S9
had a high migration potential and the greatest biological impact [36]. The amount of
exchangeable Sb is negatively correlated with the concentration of Fe (r = −0.867, p < 0.01)
for all soil samples.

w

Figure 2. Sequential extraction of Sb from primary-explosives-contaminated soils.
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3.2. Batch Experiments
3.2.1. Changes in pH and Sb Fractions

We evaluated the application of ferrous sulfate (FeSO4·7H2O), goethite (HFeO2), and
Fe0 at three different percentages (2%, 5%, and 10%), as potential amendments for the
remediation of Sb and soil contaminated with co-occurring metals. To obtain stabilizing
results, Al(OH)3 was applied (0%, 2%, and 4%) as combined amendments with Fe-based
amendments. As shown in Figure 3, after the equilibration period of 10 d, FeSO4·7H2O
addition significantly decreased the water extract pH (21%, 24%, and 28% decreased
at 2%, 5%, and 10% amendment percentages, respectively) compared with the control,
whereas HFeO2 and Fe0 had little effect on the water extract pH. This behavior is a result
of the hydrolysis reaction of FeSO4 (Fe2+ + 2H2O � Fe(OH)2 +2H+) in the pore water of
soil [45,46]. The application of Al(OH)3 increased the water extract pH in a small range
(less than one unit) regardless of the combined application with FeSO4·7H2O, HFeO2, or
Fe0. This slight increase in pH is attributed mainly to the weak alkalinity of Al(OH)3 and
partial dissolution of amendments and adsorption/precipitation [47].

Sequential BCR extraction procedures were used for 5%Fe + 4%Al-based modified
soils (with the best modified result) and are presented in Figure 4. The Sb proportions of F1,
F2, F3, and F4 fractions in the control soil were 8.7%, 4.5%, 27.0%, and 59.7%, respectively.
The F1 fraction [40] decreased significantly in modified soils compared with the control.
Approximately 66.67%, 44.44%, and 66.67% reductions (vs. control) were observed for
FeSO4 + Al(OH)3-, goethite + Al(OH)3-, and Fe0 + Al(OH)3-modified soil, respectively.
This result is important because this fraction of Sb has the most biological impact with a
direct toxicity [44]. With F1, F2 fractions are considered the most available to soil biota and
the most easily leached to groundwater [43]. However, only FeSO4 + Al(OH)3 addition
reduced the F2 fraction from 5% to 1%, despite a decrease in soil pH. The decrease in soil
pH was likely caused by an increase in exchange sites (Fe/Al oxides and oxyhydroxides),
which has a great affinity for Sb [48]. Fe–Al-based amendment additions induced a shift of
F1, F2, and F3 fractions towards to F4 fraction, which was more strongly retained by the Fe
and Al (hydr)oxides [29,49] by adsorption. The concentration decrease in the F1, F2, and F3
fractions resulted in a subsequent low bioavailability and eco-toxicity [40]. However, this
result was not clear for the goethite- and Al(OH)3-modified soil with only a 2% bioavailable
fraction shift to a stable residual fraction. FeSO4 + Al(OH)3 addition caused a significant
increase in F4 (71%) compared with goethite + Al(OH)3 and Fe0 + Al(OH)3 groups, which
could explain its high sorption capacity of Sb [50]. Overall, the BCR extract results showed
that the combined addition of 5%FeSO4 and 4%Al(OH)3 induced a significant redistribution
of Sb with a reduction in its more labile and bioavailable fraction and an increase in the
residual fraction.

3.2.2. Effects of Fe- and Al-Based Sorbents on Sb

The results of the batch experiments (Figure 3) showed that the leachate concentration
of Sb in the control groups exceeded 14 mg/L, which is higher than the fifth category
water limit (0.01 mg/L) of the “Standard for groundwater quality” issued by the General
Administration of Quality Supervision, Inspection and Quarantine of the People’s Republic
of China (AQSIQ, 2017). This result proved a high liquidity of antimony in primary-
explosives-contaminated soils and occurs mainly because of the high percentage of soluble
fraction (11.03%) and reducible fraction (30.12%) of Sb in S9 (Figure 2). Thus, it is necessary
to immobilize or reduce the mobility and bioavailability of Sb in explosives-contaminated
soils to reduce plant and human bioavailability and Sb leachate in groundwater [51].
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Figure 3. pH and Sb and co-occurring heavy metals concentration in water extracts
((a,b)—FeSO4 + ATH; (c,d)—Goethite + ATH; (e,f)—Fe0 + ATH).
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Figure 4. Sequential extraction of Sb in amended soil with Fe and Al mixed adsorbent.

The amendment additions did not change the total Sb concentrations. However,
Fe-based amendments prevented Sb mobility and reduced Sb bioavailability by a strong
preference of Sb binding to Fe hydroxides [52]. FeSO4·7H2O possessed the strongest sorp-
tion properties for Sb with 85.64%, 97.21%, and 98.50% sorptions with 2%, 5%, and 10%
additions, respectively (Figure 3a). The sorption property was enhanced by the addition of
various concentrations of FeSO4·7H2O. The sorption increased gradually with an increase
in FeSO4·7H2O concentration from 0% to 10% and was moderate with FeSO4·7H2O concen-
trations from 5% to 10%. The amendments of Fe0 and HFeO2 showed a lower Sb sorption
compared with FeSO4·7H2O. The sorption increased gradually with an increase in Fe0 or
HFeO2 concentration from 0% to 10%; 10% Fe0 was retained up to 72.34% Sb (Figure 3c),
and the HFeO2 only retained up to 41.05% Sb (Figure 3e). In the severely Sb-contaminated
primary explosives site, FeSO4·7H2O was more effective for Sb immobilization than Fe0 or
HFeO2. The results are consistent with the immobilization of Fe-based amendments for Sb
in shooting range soil [15]. On the basis of the thermodynamics principle, Sb(V) should be
the main form in oxic environments [15,53]. In addition, widely distributed dissolved iron
in the environment impacts rapid Sb(III) oxidation [54]. Ferric ion and iron oxyhydroxides
in the environment are strong Sb adsorbents [30]. Sb(III) can be oxidized simultaneously
into Sb(V) once adsorbed on the iron oxyhydroxide surface [54]. The immobilization mech-
anism of iron oxide for Sb(V) was summarized as direct precipitation, co-precipitation,
and adsorption [55,56]. The direct precipitation mechanism could lead to secondary Fe–Sb
mineral tripuhyite (FeSbO4) formation, which is an important and ultimate sink for Sb
in an environment with a low solubility (log Kso = −13.41) [57]. Sb(V) adsorption was a
predominant mechanism, and co-precipitation was important in FeSO4·7H2O-modified
soil [58]. FeOOH adsorption and the hydrolysis product of Fe(II) and Fe(III), rather than
co-precipitation, was predominant in the coagulation mechanism [30]. The Fe(II) in the solu-
tion was oxidized rapidly to Fe(III), which improved the antimony removal efficiency [46].
Fe(II) oxidation and ferric-hydroxide formation may lead to an increase in the adsorption
between ferric flocs and Sb [59,60]. FeSO4·7H2O addition can reduce the soil solution pH,
and at pH < 7, iron oxide showed a strong affinity to Sb. When pH < 3, this level [H+]
could inhibit the extent of Fe(II) and Fe(III) hydrolysis, which limited the Sb(V) immo-
bilization efficiency. For pH 3–6, the isoelectric point of FeSO4-produced iron flocs was
7.5. Iron flocs with a positive charge had a better capture of negatively charged Sb(OH)6

-

at a weak acid condition and for pH 5 to 6 [58]. As a result, FeSO4·7H2O amendment
could promote Sb(V) immobilization by reducing the soil solution pH. The maximum Sb(V)
adsorption on HFeO2 existed below pH 7 [32] and was considered pH-dependent [61].
In this study, the soil extract solution pH exceeded 7; thus, HFeO2 immobilized Sb in
these primary-explosives-contaminated soils to a certain extent. When in contact with
oxygenated water, Fe0 converts to activated Fe0 that contains ferrihydrite and goethite,
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which are distributed on the surface [4]. The large surface coverage makes activated Fe0 to
be recognized as a suitable adsorbent for Sb adsorption and immobilization [62]. However,
the immobilization efficiency of Fe0 for Sb was lower than that for FeSO4·7H2O. According
to batch experiments of Fe-based amendments, FeSO4·7H2O was most appropriate for high
concentrations of Sb-contaminated soil.

Al(OH)3 addition slightly increased Sb mobility regardless of FeSO4-, goethite-, or
Fe0-modified soils by increasing the soil pH [58]. The sorption of Sb in FeSO4- and Al(OH)3-
modified soil decreased slightly from 85.82% to 67.77% in 2% FeSO4, from 97.09% to 94.69%
in 5% FeSO4, and from 98.60% to 93.88% in 10% FeSO4 with Al(OH)3 addition from 0%
to 4%. Approximately 2.47–21.03% reductions were observed with Al(OH)3 addition. Sb
sorption in goethite- and Al(OH)3-modified soil decreased from 14.09% to 10.68% in 2%
goethite, from 15.91% to 11.02% in 5% goethite, and from 41.04% to 24.55% in 10% goethite
with an Al(OH)3 addition from 0% to 4%. Approximately 24.19–40.20% reductions were
observed. However, a change in sorption was not clear for Fe0- and Al(OH)3-modified
soil, even with substantial amounts of Al(OH)3 [48]. In the Fe–Al mixed-addition cases, a
reduction in sorption may have resulted from the change in pH [63]. Al(OH)3 shows a lower
adsorption efficiency than iron oxides, especially in neutral and alkaline environments [64].
However, FeSO4- and Al(OH)3-modified soil still showed a more efficient sorption, which
is attributed to the ion-exchange ability of Fe–Al double hydroxides and SbO3

− adsorption
on the FeO(OH) surface [65].

3.2.3. Effect of Fe- and Al-Based Sorbents on Zn and Cu

FeSO4·7H2O amendment addition to the soil resulted in a high concentration decrease
in Sb; however, higher concentrations of Zn and Cu were detected in the soil extract
solution, especially for Zn (Figure 3). Zn release increased gradually with an increase
in FeSO4·7H2O concentration from 0% to 10%. After FeSO4·7H2O addition, the highest
leachate concentration of Zn was 34.57 mg/L, which was 181.94 times the original soil
leachate concentration (0.19 mg/L). Similar promotion leachate effects of FeSO4·7H2O were
found for Cu. The leachate concentration of Cu was 0.84 mg/L with 10% FeSO4·7H2O
addition, which was 21 times the leachate concentration compared with the original soil
(0.04 mg/L). FeSO4·7H2O addition decreased the water extract pH by the hydrolysis
of FeSO4 [45,46]. The acid environment promoted Zn and Cu release, which resulted
in a high leachate concentration of Zn and Cu [66,67]. In contrast to FeSO4, goethite
and Fe0 application significantly reduced the concentration of Zn and Cu. No further
reduction was caused by goethite and Fe0 addition. As shown in Figure 3, the maximum
adsorption efficiencies of Zn and Cu were 72.60% and 68.05%, respectively, in goethite-
treated soil. The maximum adsorption efficiencies of Zn and Cu were 61.29% and 63.31%,
respectively, in Fe0-modified soil. Zn and Cu fixation by goethite could be attributed
mainly to metal diffusion into the structural lattice of goethite by the following reactions:
≡Fe-OH + Me2+ + H2O � ≡Fe-O-MeOH2

+; ≡Fe-O-MeOH2
+ + Me2+ + 2H2O � Fe-O-

MeOH2
+ + Me(OH)2(s) + 2H+ [68]. With Al(OH)3 addition, the Zn and Cu concentration

in the leachate decreased significantly, especially in FeSO4·7H2O-treated soil. Al(OH)3
(4%) decreased the extractable Zn by 99.72%, 83.47%, and 96.26% in FeSO4·7H2O, goethite,
and Fe0-modified soil, respectively (Figure 3), whereas 4% Al(OH)3 addition decreased the
extractable Cu by 96.11%, 83.61%, and 93.21% in FeSO4·7H2O, goethite, and Fe0-modified
soil, respectively. The reduction in extractable Zn and Cu in Fe–Al-based modified soil
may indicate that Al(OH)3 was important in Zn and Cu immobilization. These results
are similar to those reported previously [36] and are somewhat expected in Fe–Al-based
modified soil, where a substantial amount of the Sb and co-occurring metals are likely to
form stable surface complexes or precipitates with iron and aluminum hydroxide [36]. In
soil that is amended with 5% ferrous sulfate and 4% aluminum hydroxide, the leachate
concentrations of Sb, Zn, and Cu decreased significantly, and the maximum stabilization
efficiencies were 94.69%, 74.17%, and 82.15%, respectively. Goethite (10%) and aluminum
hydroxide (2%, pH = 8.36) addition yielded a 32.60% stabilization efficiency of Sb and an
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decreases of 87.45% and 93.73% in Zn and Cu, respectively. The mixture of 10% Fe0 and
2% aluminum hydroxide (pH = 8.74) stabilized Sb, Zn, and Cu in soil with efficiencies of
75.00%, 94.01%, and 94.14%, respectively. For high Sb contamination and light pollution
with Zn and Cu, 5% FeSO4·7H2O and 4% Al(OH)3 addition was shown to be the most
suitable amendment course.

3.3. Column Experiments
3.3.1. Column Experiments for Sb Immobilization

In column experiments, the initial Sb concentration in leachate of untreated soil was
16.5 mg/L, which exceeds the GB/T 14848—2017 (Standard for Groundwater Quality) type-
V leachate limit (0.01 mg/L) (AQSIQ, 2017) (Figure 5a). When the pore volume reached
3.7, the concentration of Sb in leachate increased substantially to a peak of 17.73 mg/L.
Similar leachate results were found in shooting range soil [15]. Okkenhaug et al. [15]
assumed that this initial increase in Sb occurred because of the depletion of H+ in the soil
during leachate, which induced a decrease in the positive surface charge of minerals such
as iron oxyhydroxides. Consequently, the sorption capacity of negatively charged anions
decreased. In this study, no significant pH increase was recorded. Sb mobilization may have
increased in untreated soil through the depletion of organic and inorganic components and
through the partial dissolution of reducible and oxidizable fractions [1,69]. After an initial
increase, the Sb concentration decreased exponentially up to a PV of 74.4. At this stage, the
pH decreased rapidly to 7.03. Subsequently, the pH stabilized at ~7. As a result, the Sb
concentration stabilized at 0.99 mg/L. The trend in Sb leachate was consistent with the pH
trend, which meant that Sb dissolution was affected by soil pH [70]. Hockmann et al. [71]
found a similar effect for Sb in large-range soil under large seepage conditions. The initial
Sb concentration of leachate in a 5% FeSO4·7H2O- and 4% Al(OH)3-modified column was
0.024 mg/L, which was 675 times lower than that of untreated soil, and the stabilization
efficiency was 99.86%. The pH was adjusted to 3–10 by the addition of pH regulators,
NaHSO4 or Na2CO3. The leachate concentration of Sb in the stabilized soil is shown in
Figure 5a. The leachate concentrations of Sb in descending order was as follows: Group A,
Group D, Group B, Group C. Group D showed a high initial Sb concentration (16.82 mg/L)
compared with Group B (0.29 mg/L) and Group C (0.02 mg/L) as a result of the rapid
increase in pH that was induced by large amounts of OH−, which decreased the positive
surface charge of iron and aluminum oxyhydroxide. Consequently, Group B decreased the
retention capacity of negatively charged anions [67,72]. The leachate concentration of Sb
in Group B decreased to levels similar to Group C with an increase in PV and a decrease
in pH.

The calculation results of the cumulative leachate amount of Sb in the dynamic process
of each group are shown in Figure 5b. When the PV reached 223.3, the total amounts of
Sb that was leached in Groups A, B, C, and D were 577.61, 79.75, 81.71, and 101.01 mg/kg,
respectively. Soils that were amended with FeSO4·7H2O mixed with Al(OH)3 showed
a good Sb stabilization effect [36], with stabilization efficiencies of 86.19%, 85.85%, and
82.51% in Groups B, C, and D, respectively. Group B decreased the soil pH significantly,
but did not increase the retention effect of Sb. The pH of Group C was consistent with
untreated soil when the PV reached 37.2. The 5% FeSO4·7H2O and 4% Al(OH)3 mixed
addition showed the best stabilization performance of Sb with less pH disturbance.
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Figure 5. Changes in leachate concentration and accumulation of heavy metals in column experi-
ment: (�) untreated soil, (•) Fe–Al-stabilized soil with acidification, (�) Fe–Al-stabilized soil, (�)
Fe–Al-stabilized soil with alkalization ((a,c,e)—Sb, Zn, Cu concentration in leachate respectively;
(b,d, f)—total leaching amount of Sb, Zn, Cu/ weight of soil).

3.3.2. Column Experiments for Zn and Cu Immobilization

The initial Zn (0.056 mg/L) and Cu (0.067 mg/L) concentrations in the leachate of
untreated soil in Figure 5c,e, exceeded the GB/T 14848–2017 (Standard for Groundwater
Quality) (AQSIQ, 2017) type-I and -II leachate limit, respectively. As shown in Figure 6c–f,
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the leachate concentration of Zn and Cu decreased significantly when PV < 74.4, showed a
slower decrease and tended to stabilize when PV ≥ 74.4. The final leachate concentration
of Zn and Cu stabilized at ~0.009 and 0.0035 mg/L, which was 6.2 and 19.1 times lower
than that of the initial concentration, respectively. The initial Zn and Cu concentrations
in the leachate of soil, amended with 5% FeSO4·7H2O and 4% Al(OH)3, were 7.83 and
0.069 mg/L, which were 139 and 1.04 times higher than those of untreated soil, respectively.
After Fe–Al-based adsorbent addition, the soil became transitory acidic, which promoted
Zn and Cu leachate [66]. A significant increase in the leachate concentration of Zn and Cu
was observed in stabilized soil with acidification, but a significant decrease in the leachate
concentration of Zn and Cu was observed in stabilized soil with alkalization, which was
the result of the surface charge variation in minerals that were induced by pH and the
positively charged property of Zn and Cu [67]. For PV ≥ 74.4, the leachate concentrations
of Zn and Cu in the three groups of modified soil were consistent with untreated soil as the
pH eventually equilibrated.

Figure 6. Leach solution pH with change in PV.

The calculation results of the cumulative leachate amounts of Zn and Cu in the
dynamic process of each group are shown in Figure 5d, f. The total leachate amount of
Zn in Groups A, B, C, and D was 2.88, 44.37, 11.34, and 1.19 mg/kg, respectively. The
amount of released Zn increased slowly when PV ≥ 74.4 and depended on the soil pH [73].
The total amounts of Cu leached in Groups A, B, C, and D were 1.27, 2.02, 1.55, and
1.23 mg/kg, respectively. The highest release resulted in Fe–Al-stabilized soil with the
acidification group. In the four groups, even a moderate change in pH could induce
persistent Cu release.

3.3.3. pH Effects on Sb and Co-Occurring Heavy Metals Immobilization

The initial leachate pH for a 5% FeSO4·7H2O + 4% Al(OH)3 addition with or without
a pH regulator differed significantly from the pH of the control groups; however, pH
differences between the groups decreased to PVs up to 55.4 (Figure 5). The initial pH values
of Groups A and D were 8.05 and 9.30; these values decreased with an increase in PV,
and the pH of the column leachate tended towards stability when the PV reached 74.4. In
contrast, the initial pH values in the leachate of Groups B and C were 3.70 and 3.30, which
increased with the increase in PV to 37.2 and 74.4. The dynamic column experiment results
show that the leachate solution pH stabilized at 6–8. The addition of 5% FeSO4 and 4%
Al(OH)3 without a pH regulator had less effect on the final column soil pH.

The change in pH with PV affected Sb, Zn, and Cu stabilization in the soil. Sb
could be amended by Fe–Al-based mixed amendments in a wide pH range (pH = 3–10)
by strong binding to Fe oxyhydroxides as inner-sphere surface complexes [74] and the
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optimization pH range for adsorption was less than 7. This result agreed with the findings
of Leuz et al. [32], who found that H+ could increase the positive surface charge of iron
oxyhydroxides and enhance the sorption capacity of Sb(OH)6

-. However, when the pH
exceeded 8, Sb(V) desorption was observed in the study of Leuz et al. [32]. This desorption
reaction occurred mainly because the surface electronegativity of alkaline soil exceeded
that of acidic soil, and it had a strong repulsive force to the anion Sb(OH)6

-, which was
not conducive to adsorption [75]. Therefore, the retention and stabilization efficiency of Sb
decreased with an increase in pH. In contrast to Sb, the stabilization efficiency of Zn and Cu
in soil increased significantly with an increase in pH. The stabilization of Zn and Cu under
alkaline conditions was better than that under acidic conditions. This reduced retention
effectiveness in acidic conditions could be caused by the following: First, H+ replaces Zn2+

and Cu+ in the complex that is formed by the adsorption reaction, which induces Zn and
Cu ions to migrate into the soil pore water [76]. Second, the partial dissolution of the
sorbent, especially Al(OH)3, in the soil leads to reduced sorption sites and potentially a
lower retention of Zn and Cu. However, because of limited Sb sorption capacity, the partial
dissolution of Al(OH)3 had little effect on Sb adsorption under acidic conditions [4]. This
pH contrast between Sb stabilization and co-occurring metals highlights the immobilization
advantages of FeSO4-mixed Al(OH)3 addition.

4. Conclusions

This work shows that the studied Fe–Al-based amendments are suitable for the si-
multaneous stabilization of Sb and co-occurring metals, such as Cu and Zn in primary
explosives-sites soil that is contaminated with a high concentration of Sb. Experimen-
tal results show that FeSO4·7H2O had an ideal retention of Sb and Al(OH)3 and could
prevent Cu and Zn mobilization. Batch and column leachate results showed that a
5% FeSO4·7H2O + 4% Al(OH)3 application mixed with soil could immobilize Sb and retain
co-occurring metals in highly contaminated Sb soils. The results of pH-regulated column
tests indicated that acid conditioning favored Sb retention. Amendment addition had
a positive impact on Sb retention and reduced the labile fractions of Sb. However, the
retention behavior and mechanism, ion-exchange mechanism involved in these processes,
and possible changes in remediation effect with time must be determined from further
experiments. Amendment selection for primary-explosives-contaminated soils is based
primarily on its ability to reduce the concentration of labile Sb, Cu, and Zn. In contrast,
additional effects, such as the impact of amendments on the soil microbial abundance, com-
munity, diversity, and soil functionality are often neglected. Hydrolytic reactions of iron
salt can cause soil acidification, and consequently limit site utilization. Sulfate addition to
soil from FeSO4·7H2O likely had a substantial influence on the microbial community. These
changes may affect key soil ecosystems and result in an ecological risk in the amended soil.
The soil ecological risk must be investigated further after the addition of these efficient
chemical amendments.
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Abstract: Quantitative evaluation of different contaminated soil remediation technologies in multi-
ple dimensions is beneficial for the optimization and comparative selection of technology. Ex situ
thermal desorption is widely used in remediation of organic contaminated soil due to its excellent
removal effect and short engineering period. In this study, a comprehensive evaluation method of
soil remediation technology, covering 20 indicators in five dimensions, was developed. It includes the
steps of constructing an indicator system, accounting for the indicator, normalization, determining
weights by analytic hierarchy process, and comprehensive evaluation. Three ex situ thermal des-
orption technology—direct thermal desorption, indirect thermal desorption, and indirect thermal
heap—in China were selected for the model validation. The results showed that the direct thermal
desorption had the highest economic and social indicator scores of 0.068 and 0.028, respectively.
The indirect thermal desorption had the highest technical and environmental indicator scores of
0.118 and 0.427, respectively. The indirect thermal heap had the highest resource indicator score of
0.175. With balanced performance in five dimensions, the indirect thermal desorption had the highest
comprehensive score of 0.707, which is 1.6 and 1.4 times higher than the direct thermal desorption and
indirect thermal heap, respectively. The comprehensive evaluation method analyzed and compared
the characteristics of the ex situ thermal desorption technology from different perspectives, such
as specific indicators, multiple dimensions, and single comprehensive values. It provided a novel
evaluation approach for the sustainable development and application of soil remediation technology.

Keywords: comprehensive evaluation method; contaminated soil; ex situ thermal desorption;
environmental impact; resource utilization

1. Introduction

Establishing a comprehensive and practical evaluation system is of critical importance
to the sustainable development of technologies. Comprehensive evaluation refers to
the use of a systematic and standardized method that includes simultaneous multiple
indicators for evaluation. Comprehensive evaluation can analyze the whole process of
technology implementation, and provide information for process optimization in terms of
technological, economical, and social aspects [1–3]. Therefore, comprehensive evaluation is
very important for process optimization of technology, and the comparison and selection
among different technologies.

Contaminated soil remediation is an important issue in the environmental field [4].
In past decades, a variety of soil remediation technologies have been developed [5]. To
evaluate different soil remediation technologies, one first needs to focus on the characteristic
indicators such as efficiency, stability, and applicability. The technology consumes raw
and auxiliary materials, and energy during implementation, resulting in the consumption
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of natural resources. At the same time, emissions from energy consumption or process
physicochemical reactions can result in environmental impacts. The economic cost, benefit,
and technical value of the technology are also important factors of concern to investors and
decision makers. In addition, the implementation of such pollutant removal technologies
can have certain social impacts, such as job opportunities for local residents, but also
negative social effects, such as concerns from adjacent residents and potential impact on
workers’ health. A comprehensive evaluation can avoid the transfer of technological loads
between different dimensions.

Ex situ thermal desorption has become one of the most effective remediation tech-
nologies for organic contaminated soil [6–9]. Ex situ soil remediation usually is the second
choice after in situ technology, which are more sustainable and less costly; thus, the effort
to analyze the impact of the ex situ remediation processes is necessary. Since the 1980s,
scholars from the United States, France, Canada, Argentina, South Korea, and other coun-
tries have carried out thermal desorption remediation research on a variety of organic
contaminated soils [10]. In Europe, thermal desorption has also been widely used in en-
gineering practice [6,11–14]. In America, among the 571 ex situ soil remediation projects
carried out during 1982 to 2014, 77 used ex situ thermal desorption remediation technology,
accounting for 13.5% of the total number of projects [14]. The independent research, and the
development and application of the equipment for ex situ thermal desorption technology
in China started late. The first patent on thermal desorption remediation technology was
granted in 2009, and the first related article was published in 2011 [15,16]. As of 2017, a
total of 23 ex situ thermal desorption remediation projects for contaminated sites have been
carried out [15].

At present, the evaluation of carbon emission and environmental impact of ex situ
thermal desorption technology has been carried out [17–20], but there are few literature
reports on its quantitative evaluation at the levels of different dimensions, such as technical
characteristics, resources, environment, economy, and society. A comprehensive study can
provide a theoretical basis for the directional selection of ex situ thermal desorption tech-
nology in terms of specific indicators, and further provide scientific support for the overall
development of ex situ thermal desorption technology. In this paper, multilevel comprehen-
sive evaluation is carried out for direct and indirect ex situ thermal desorption technology,
and its key influencing factors and advantageous indicators are determined through com-
parative analysis, which further reflects the importance of technology evaluation methods
in selecting appropriate technology. The establishment of a comprehensive evaluation
model is conducive to the optimization, improvement, and comparative selection of tech-
nology, and can provide a new analytical method for the quantitative comparison between
different ex situ thermal desorption technologies.

2. Method and Data

2.1. Methodological Framework

A comprehensive evaluation method for ex situ thermal desorption technology was
constructed in this study, and its framework is shown in Figure 1. The main steps of
technology evaluation include: (1) determining the evaluation object and the technology
involved in the evaluation; (2) describing the remediation technology; (3) determining the
evaluation indicator set and collecting the evaluation indicator parameters; (4) determining
the weight and quantification method of the evaluation indicator; (5) comprehensively ana-
lyzing and weighting each indicator, and calculating the score of each evaluated dimension;
and (6) obtaining the comprehensive evaluation result.
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Figure 1. Comprehensive evaluation method framework.

2.2. Comprehensive Evaluation Indicator System
2.2.1. Evaluation Indicators

To comprehensively evaluate the performance of ex situ thermal desorption technology,
an evaluation indicator system was constructed by referring to a sustainable development
indicator, a green development indicator, and an environmental pollution prevention and
control technology evaluation method. It contains five dimensions, which are technol-
ogy, resource, environment, economy, and society, and has a total of 20 indicators. The
dimensions and the indicators are shown in Table 1.

(1) Technical indicators

In terms of technical indicators, characteristics of efficiency and operation are con-
structed. The efficiency indicators reflect the characteristics of the technology in pollutant
removal and thermal efficiency; the operation indicators reflect whether the technology
still has instability. The technical efficiency indicators select heat transfer efficiency and pol-
lutant removal rate; the operational indicators select secondary pollutants, fault condition,
and comprehensive energy consumption as secondary indicators.

(2) Resource indicators

The resource indicators reflect the demand for various material inputs in the process of
technology implementation, which select raw material consumption, energy consumption,
and water consumption as secondary indicators.

(3) Environmental indicators

Environmental indicators include two parts, the first part is the environmental impact
during the implementation of technology, focusing on noise and peculiar smell, and the
second part is the whole process environmental impact, in which we applied the life cycle
assessment (LCA) method to calculate the typical environmental impact. This study selects
global warming potential (GWP), eutrophication potential, acidification potential, and
ozone layer depletion potential.
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Table 1. Comprehensive evaluation indicators of ex situ thermal desorption remediation technology.

Dimensions Indicators Units Indicator Definition

Technical
indicators

Heat transfer efficiency % Heat transfer rate per unit time

Pollutant removal rate % Removal rate of target pollutants (removal rate
to standard)

Secondary pollutants /
Whether to produce other secondary

pollutants (produce exceed the standard,
produce but not exceed, not produce)

Fault condition /
Whether it can operate stably and produce
failure situations (no fault, minor fault, and

serious fault affect the operation)
Comprehensive energy

consumption MJ/t soil remediation Energy consumption during operation

Resource indicators

Raw materials consumption kg/t soil remediation Whether to consume dehydrating agents,
conditioning agents, odor inhibitors, etc.

Energy consumption kWh, m3, L ect./t soil remediation
Consumption of electricity, natural gas,

gasoline, etc., from life cycle perspective
Water consumption m3/t soil remediation Fresh water consumption

Environmental
indicators

Global warming potential kg CO2-Equiv./t soil remediation Life cycle assessment methodology indicator

Eutrophication potential kg Phosphate-Equiv./t soil
remediation Life cycle assessment methodology indicator

Acidification potential kg SO2-Equiv./t soil remediation Life cycle assessment methodology indicator
Ozone layer depletion potential kg R11-Equiv./t soil remediation Life cycle assessment methodology indicator

Peculiar smell / Peculiar smell during the implementation
of technology

Noise decibel Noise impact during implementation
of technology

Economic
indicators

Investment return period Year
The number of years from the time the project

starts production to the time when the full
construction investment is recovered

Direct benefit Yuan (RMB)/t soil remediation Net profit of remediation of unit
contaminated soil

Indirect benefit Yuan (RMB)/t soil remediation Disposal costs reduced by remediation of unit
contaminated soil

Social indicators

Job opportunity person/t soil remediation Jobs created during the operation

Social income % The income level of practitioners, the income
per person per month/local average income

“Not in my back yard” (NIMBY) /
Residents or local units worry that remediation
technology will bring many negative effects on
health, environmental quality, and asset value

(4) Economic indicators

Economic indicators are designed to reveal the costs and benefits of technology, which
select investment return period, direct benefits, and indirect benefits as secondary indicators.

(5) Social indicators

Social indicators reflect the basic social benefits and negative effects. The social
benefits include the job opportunities and social income, while the negative effects primarily
consider the concerns from the neighboring residents, i.e., “not in my back yard” (NIMBY).

2.2.2. Quantification of Evaluation Indicators

Once the indicator system is defined, the indicators need to be quantified and normal-
ized. The indicators are divided into qualitative and quantitative indicators; qualitative
indicators are graded according to the severity, and quantitative indicators are calculated
based on the definitions of the indicators.

The indicators, with different units and magnitudes, need to be normalized. The com-
mon methods of evaluation indicators are mainly the normalization method (quantitative
indicators) and rank assignment method (qualitative indicators) [21]. These two methods
are used in this study.

To ensure the accuracy of assessment, all quantitative indicators were normalized
before calculating the weights, with the largest values selected as criterion 1 for positive
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indicators and the smallest values selected as criterion 1 for negative indicators, with all
indicator values between 0 and 1.

2.3. Weight Determination Method
2.3.1. Weighting Calculation

The determination of the weight coefficient can be performed by using the expert
scoring method, target distance method, analytic hierarchy process (AHP), or entropy
weight method [22,23]. The expert scoring method mainly collects experts’ opinions on
the importance of relevant indicators according to the relevant knowledge mastered by
experts in the opinion table, and summarizes the different opinions to reach common
opinions. The target distance method is widely used in the environmental field and it
mainly represents the severity of the environmental impact effect based on studying the
gap between the current level and the target level [24]. In this paper, we choose the AHP,
which is mainly used to solve the problem of decision making, with a combination of
qualitative and quantitative method. The direct participation of decision makers ensures
the consistency of the model thinking process, which can provide support for various fields
with complex problems [25,26].

2.3.2. Judgment Matrix Construction

The weight coefficients in this study were determined by the AHP. The importance
scales of different indicators in this method and their meanings are shown in Table 2 [27].

Table 2. Indicator importance scale.

Importance Scale aij Description Importance Scale aij Description

1 Two factors have the same importance 9 i is more important than j
3 i is slightly more important than j 2,4,6,8 scale median
5 i is more important than j reciprocal j compared to i
7 i is extremely more important than j

Table 2 quantifies the relative importance of indicators in different dimensions. On
this basis, the weight of each indicator can be calculated according to the root method
or the sum product method. According to a number of expert opinions and literature re-
ports [28], combinedwith judgment matrix construction, the importance scale of dimensions
or indicators is determined, as shown in Tables 3–8.

Table 3. Importance scale of different dimensional layers.

Technology Resources Environment Economy Society

Technology 1 1/3 1/5 3 3
Resources 3 1 1/3 5 7

Environment 5 3 1 7 9
Economy 1/3 1/5 1/7 1 5

Society 1/3 1/7 1/9 1/5 1
Weight 0.118 0.265 0.513 0.071 0.033

Table 4. Importance scale of the technical indicator.

Heat Transfer
Efficiency

Pollutant
Removal Rate

Secondary
Pollutants

Failure
Situation

Comprehensive
Energy Consumption

Heat transfer efficiency 1 1/7 1/3 1/5 1/3
Pollutant removal rate 7 1 5 3 5
Secondary pollutants 3 1/5 1 1/3 3

Fault condition 5 1/3 3 1 3
Comprehensive energy

consumption 3 1/5 1/3 1/3 1
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Table 5. Importance scale of the resource indicator.

Raw Materials Consumption Energy Consumption Water Consumption

Raw materials consumption 1 1 1/3
Energy consumption 1 1 1/3
Water consumption 3 3 1

Table 6. Importance scale of the environmental indicator.

Greenhouse
Effect

Eutrophication
Acidification

Effect
Ozone Layer
Destruction

Peculiar
Smell

Noise

Global warming potential 1 5 3 7 3 3
Eutrophication potential 1/5 1 1/3 3 1/3 1/3
Acidification potential 1/3 3 1 5 3 3

Ozone layer depletion potential 1/7 1/3 1/5 1 1/3 1/3
Peculiar smell 1/3 3 1/3 3 1 1

Noise 1/3 3 1/3 3 1 1

Table 7. Importance scale of the economic indicator.

Investment Return
Period

Direct Benefit Indirect Income

Investment return period 1 1/5 1/3
Direct benefit 5 1 3

Indirect benefit 3 1/3 1

Table 8. Importance scale of the social indicator.

Job Opportunity Social Income Adjacent Effect

Job opportunity 1 3 7
Social income 1/3 1 5

NIMBY 1/7 1/5 1

2.3.3. Weighting Coefficient Determination

Based on the analysis above, this study uses the sum product method to calculate the
weight coefficient, which can be divided into two steps:

First, the judgment matrix is normalized by column, and the rows are added and
summed as follows:

Wi =
n

∑
j=1

aij

∑n
i=1 aij

Second, normalization is carried out, and the result is the weight coefficient of each
environmental indicator, which can be obtained from the following formula:

Wi =
Wi

∑n
i=1 Wi

The weight coefficient results obtained are shown in Table 9.
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Table 9. Weight coefficient.

Primary Indicators Secondary Indicators Secondary Weight Primary Weight

Technical indicator

Heat transfer efficiency 0.045

0.118
Pollutant removal rate 0.498
Secondary pollutants 0.129
Fault condition 0.245
Comprehensive energy consumption 0.083

Resource indicator
Raw materials consumption 0.200

0.265Energy consumption 0.200
Water consumption 0.600

Environmental indicator

Global warming potential 0.398

0.513

Eutrophication potential 0.067
Acidification potential 0.240
Ozone layer depletion potential 0.041
Peculiar smell 0.127
Noise 0.127

Economic indicator
Investment return period 0.105

0.071Direct benefit 0.637
Indirect benefit 0.258

Social indicator
Job opportunity 0.649

0.033Social income 0.279
NIMBY 0.072

2.3.4. Consistency Test of Judgment Matrix

Inconsistent judgments may derive from the comparison matrix obtained by the
two-by-two comparison method used in AHP. Therefore, a consistency test is required.
Additionally, the consistency test mainly refers to the fact that when variable a is relative
important to variable b, and variable b is relative important to variable c, then variable a
must be more important than variable c.

The consistency indicator CI is

CI =
(λmax − n)
(n − 1)

The formula for determining consistency is

CR =
CI
RI

< 0.1

where CR is the consistency ratio. RI is the average random consistency indicator, and its
value is shown in Table 10.

Table 10. Average random consensus indicator.

Numerical Value n 1 2 3 4 5 6 7 8 9

RI 0.00 0.00 0.58 0.90 1.12 1.24 1.32 1.41 1.45

Based on the calculation and analysis of the formula above, the consistency test results
obtained for the five dimensions are shown in Table 11.

Table 11. Consistency ratio of five dimensions.

Technical
Indicator

Resource
Indicator

Environmental
Indicator

Economic
Indicator

Social
Indicator

CR 0.066 0 0.051 0.037 0.064
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As can be seen from the these tables, the consistency ratio of importance ranking of all
indicators is less than 0.1, indicating that the ranking results have a satisfactory consistency
and can be accepted [29].

2.4. Comprehensive Evaluation Methodology

The total score S can be obtained from the weighted average of the values of each
dimension:

S =
p

∑
i=1

Di

where S is a single indicator of comprehensive evaluation and Di is the score of each
indicator/dimension at different levels.

2.5. Data Source

The data obtained from the inquiry of remediation site staff, inspection of project
reports, and test reports are used in this study, as shown in Table 12. The data of this study
are divided into five categories. The first is the data of resource and energy consumption,
and environment emissions, which mainly come from the statistical, recorded, and monitor
data on the remediation site. The technical data mainly come from interviews of technicians
at the remediation site, and most of the economic and social data come from the technology
report. The data of NIMBY came from the survey and interview of nearby residents.
In addition, the basic data of LCA designed in the environmental dimension mainly
come from CAS RCEES 2020 developed by the Research Center for Eco-Environmental
Sciences, Chinese Academy of Sciences. This database supports the publication of many
related studies [21,30,31].

Table 12. Description of data types and sources.

Data Types Data Sources

Energy consumption and material consumption On-site research
Technical specifications, failure situation, and efficiency Provided by on-site technicians
Economic cost input and benefits On-site research and project reports
Social employment and salary On-site research and project reports
NIMBY Survey and interview
Full process environmental impact base data China localized life cycle assessment database CAS RCEES

3. Case Study

3.1. Remediation Site and Technology Selection

Thermal desorption can be divided into two parts: the thermal desorption stage and
the off-gas treatment stage, as shown in Figure 2. Ex situ thermal desorption technologies
involve excavating and transporting contaminated soil from the original site where the
pollution occurred to other sites for remediation. The principle is that through direct
or indirect heating, the contaminated soil reaches a certain temperature, in which the
organic pollutants are converted into a gas phase and volatilized into the desorption off-
gas, and then completely removed by the gas treatment system, so as to obtain clean
soil [32,33]. According to different contact modes between heat source and contaminated
soil, ex situ thermal desorption technology can be divided into direct and indirect thermal
desorption technology [5,34].
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Figure 2. Basic process of a thermal desorption system.

In this study, ex situ thermal desorption technologies were selected at contaminated
sites in three cities of China, and their process flow chart is shown in Figure 3.

 

Figure 3. Flow chart for three ex situ thermal desorption technology.
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Direct ex situ thermal desorption is adopted at the Tianjin contaminated site in China,
with the process flow chart shown in Figure 3a. The soil is dehydrated, screened, and loaded
in the pretreatment workshop. Rotary kilns use natural gas as raw material to heat the
soil. The heated soil is humidified and cooled with water, and the off-gas generated in the
treatment process is discharged into the atmosphere by cyclone dust collector, combustion
chamber, quenching tower, bag filter, and gas washing. No waste water is generated during
thermal desorption.

Indirect ex situ thermal desorption is adopted at the Liuzhou contaminated site in
China, with the process flow chart shown in Figure 3b. The soil is dehydrated, screened,
and loaded in the pretreatment workshop. Rotary kilns use natural gas as raw material
to heat the soil. The heated soil is humidified and cooled with water, and the off-gas
generated in the treatment process is discharged into the atmosphere by condensation, gas–
liquid separation, dust collector, cool down, and adsorption. The wastewater generated is
collected in the collection tank and pumped to the wastewater treatment equipment on-site
before being discharged.

Indirect thermal heap remediation is adopted at the Linyi contaminated site in China,
with the process flow chart shown in Figure 3c. The construction of thermal heap includes
the following steps: pretreatment of soil, construction of the heap body, fuel system,
heating and extraction system installation, and the auxiliary system installation. The off-gas
generated in the treatment process is discharged into the atmosphere by condensation, gas–
liquid separation, secondary combustion and adsorption, and the wastewater generated is
collected and stored in a temporary storage system.

3.2. Results Analysis

The results obtained by this method can show the characteristics of technology and
comparison from different angles: (1) Analyze the specific parameters and improvement
hotspots of the technology from the specific indicator performance, such as the GWP, and
emission sources that caused GWP. (2) Trace the improvement direction from different
dimensions and show the balance characteristics of the technology between dimensions.
For example, the poor performance of the resource dimension indicates that it has high
demand for resources, energy, and raw and auxiliary materials. At the same time, we
should comprehensively consider technology from different dimensions, not only pursue
one dimension and ignore the other dimensions. For example, the performance of technical
efficiency and operation process is well, but the environmental impact is high. (3) Promptly
judge the comprehensive performance of different technologies under a single indicator of
comprehensive evaluation.

Primary and secondary indicators of the three kinds of ex situ thermal desorption
is demonstrated in Table 13. The comparison of secondary indicators of the three ex situ
thermal desorption is shown in Figure 4, the comparison of primary indicators of the three
ex situ thermal desorption is shown in Figure 5 and the comprehensive comparison radar
chart is shown in Figure 6.

3.2.1. Indicator Performance

In terms of technical indicators, the conclusion drawn from Table 13 shows that three
kinds of ex situ thermal desorption have different advantages on five indicators. The scores
of three technical indicators of the indirect thermal heap are lower than those of the direct
thermal desorption and indirect thermal desorption, whereas the scores for heat transfer
efficiency and comprehensive energy consumption of the indirect thermal desorption are
higher than those of the direct thermal desorption and indirect thermal heap. Overall, the
indirect thermal desorption has the best technical indicator.

The score of raw material and energy consumption of the indirect thermal desorption
is higher than those of direct thermal desorption and indirect thermal heap, but the score
of water consumption of the indirect thermal heap is much higher than that of direct
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thermal desorption and indirect thermal desorption. Overall, owing to less raw material
consumption, the indirect thermal heap has the best resource indicators.

Table 13. Comparison of primary and secondary indicators for the three ex situ thermal desorption
processes.

Dimensions Indicators

Secondary Indicators Primary Indicators

Direct
Thermal

Desorption

Indirect
Thermal

Desorption

Indirect
Thermal

Heap

Direct
Thermal

Desorption

Indirect
Thermal

Desorption

Indirect
Thermal

Heap

Technical
indicators

Heat transfer
efficiency 0.016 0.045 0.014

0.106 0.118 0.104

Pollutant removal rate 0.498 0.498 0.493

Secondary pollutants 0.129 0.129 0.129

Fault condition 0.245 0.245 0.245

Comprehensive
energy consumption 0.011 0.083 0.009

Resource
indicators

Raw material
consumption 0.099 0.200 0.001

0.052 0.108 0.175Energy consumption 0.064 0.200 0.059

Water consumption 0.035 0.009 0.600

Environmental
indicators

Global warming
potential 0.184 0.398 0.223

0.197 0.427 0.169

Eutrophication
potential 0.007 0.067 0.014

Acidification potential 0.024 0.240 0.052

Ozone layer depletion
potential 0.0005 0.0009 0.041

Peculiar smell 0.042 0.127 0

Noise 0.127 0 0

Economic
indicators

Investment return
period 0.062 0.105 0.075

0.068 0.031 0.037Direct benefit 0.637 0.335 0.335

Indirect benefit 0.258 0.068 0.118

Social
indicators

Job opportunity 0.649 0.325 0.464

0.028 0.022 0.026Social income 0.149 0.279 0.248

NIMBY 0.072 0.072 0.072

Total score 0.452 0.707 0.511

The scores for GWP, eutrophication potential, acidification potential, and peculiar smell
indicators of the indirect thermal desorption are higher than those of the direct thermal
desorption and indirect thermal heap, and the noise of the direct thermal desorption is higher
than that of the indirect thermal desorption and indirect thermal heap. The best performance
of the indirect thermal desorption in the GWP is due to the low energy consumption. Overall,
the indirect thermal desorption has the best environmental indicators.

The score of direct and indirect benefit of the direct thermal desorption is higher than
that of the indirect thermal heap, while the indirect thermal desorption has least indirect
benefit. In general, the direct thermal desorption has the best economic indicator.

The direct thermal desorption has more job opportunities than that of the indirect
thermal desorption and indirect thermal heap, and the indirect thermal desorption’s social
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income is higher than that of the direct thermal desorption and indirect thermal heap. In
general, the direct thermal desorption has the best social indicators.

 

Figure 4. Secondary indicators of the three ex situ thermal desorption processes.

Figure 5. Comparison of primary indicators for the three ex situ thermal desorption processes.
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Figure 6. Comprehensive comparison radar map for the three ex situ thermal desorption technology.

3.2.2. Dimensional Analysis

It can be seen from Figures 4 and 5 that the indirect thermal desorption has the highest
environmental indicator score among the three ex situ thermal desorption technology.
Specifically, the environmental indicator of indirect thermal desorption is 2.1 times and
2.5 times higher than that of direct thermal desorption and indirect thermal heap, respec-
tively. The primary reason is that indirect thermal desorption has much higher scores in
peculiar smell, acidification potential, and GWP. The direct thermal desorption has the
highest economic indicator score, 2.2 times and 1.8 times higher than the indirect thermal
desorption and indirect thermal heap, respectively, mainly in the indirect and direct bene-
fits. The indirect thermal heap has the highest resource indicator score, which is 3.3 times
and 1.6 times higher than the direct thermal desorption and indirect thermal desorption,
respectively, mainly in water consumption.

Combining the weights of the five first-level indicators, the indirect thermal desorption
has the highest total score, 1.5 times and 1.4 times higher than the direct thermal desorption
and indirect thermal heap, respectively. In general, the overall scoring order of the three ex
situ thermal desorption technology is as follows: indirect thermal desorption > indirect
thermal heap > direct thermal desorption. In the comprehensive evaluation and analysis
of this case, when selecting a remediation method for a contaminated site, in addition
to considering the site’s own situation, it can also provide a technical basis for its key
indicators, which is comparatively reference-valuable.

The information shown in Figure 6 suggests that the three ex situ thermal desorption
processes have their own advantages in five dimensions: the indirect thermal desorption
ranks highest in terms of environmental indicators and technical indicators, especially the
environmental indicators. The environmental benefits of the indirect thermal desorption are
far superior to the other two sites. In terms of both social indicators and economic indicators,
the direct thermal desorption has a score that is higher than the other two technologies,
and the economic indicators of the direct thermal desorption are more advantageous. The
indirect thermal heap achieves the highest score in terms of resource indicators. During
comparison of the ex situ thermal desorption, it is notable that although all of the three sites
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adopt ex situ thermal desorption technology, the target pollutants removed are different,
therefore the types and concentrations of secondary pollutants produced are different.

4. Discussion

4.1. Indicator System

In order to construct a multidimensional indicator system for the evaluation of ex
situ remediation technologies, this study developed a research framework, as shown in
Figure 1. Different published indicator systems developed for other research purposes
(e.g., green development) were referenced in this study. Indicators related to the evaluation
of ex situ remediation technologies were selected from the relevant literature, and these
indicators were employed in our study to form a system of indicators applicable to ex situ
remediation technologies.

Technical indicators mainly consider the factors in the technical recommendation list.
Resource indicators mainly cover the consumption of resources, energy, and materials.
Environmental indicators draw on the LCA method of environmental impact assessment
and focus on important factors such as GWP. The economic indicators mainly consider the
cost, rationality, and benefit. The social dimension takes into account the two stakeholders,
which are local communities and workers.

4.2. Methodological Applicability

In this study, three kinds of ex situ thermal desorption remediation technologies are
selected to verify the credibility of the model. There are some studies on the environmental
impact assessment of the technology, but all use the LCA method to evaluate the GWP
or other environmental impacts. However, only GWP, an indicator or environmental
impact dimension, cannot be used to evaluate the comprehensive sustainability of the
technology [22]. Different from the above research, the evaluation model developed in
this study covers five dimensions—technology, resources, environment, economy and
society—which creates a more comprehensive evaluation.

In this study, the AHP and comprehensive evaluation are used to empower and
aggregate the five dimensions of sustainability performance. The results show that indirect
thermal desorption has the highest score of technical and environmental indicators, indirect
thermal heap has the highest score of resource indicators, direct thermal desorption has
the highest score of economic and social indicators. With the balanced performance of five
dimensions, indirect thermal desorption has the highest comprehensive evaluation, which
shows the importance of the comprehensive model.

The case study shows that the current comprehensive evaluation model developed in
this study can be widely applied to various remediation technologies, and can reveal the
characteristics of the technologies. Firstly, during the case study, the data are easy to collect
and obtain, and the calculation of the indicators is straightforward. Secondly, in the process
of weight determination and comprehensive evaluation, the methodology is mature and
easy to operate. The results of the study reflect the characteristics of the technologies at
three levels: specific indicators, dimensions, and single indicators of comprehensive. The
analysis of different types of ex situ thermal desorption cases shows that the model can be
well applied to the evaluation of this case. For other types of technologies, this model can
also be used to obtain reliable results.

In addition, the process optimization conclusions of this study can also be applied
to other technical cases. For example, reducing energy consumption and increasing the
proportion of renewable energy, which can reduce resource and energy consumption,
reduce environmental impact, improve technical performance, and reduce costs to a certain
extent. Social impact is also a link that must be given attention in the use of remediation
technology, such as improving employee welfare and reducing adverse effects such as
NIMBY, which can promote the process optimization and market application of technology.
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5. Conclusions

Comprehensive evaluation of different soil remediation technologies is of critical im-
portance to the optimization and selection of proper technology. Comprehensive evaluation
refers to the use of a systematic and standardized method for simultaneous evaluation of
multiple indicators. It includes the steps of constructing an indicator system, accounting for
the indicators, normalization, determining weights by AHP, and comprehensive evaluation.

In this study, a comprehensive evaluation method of soil remediation technology,
covering 20 indicators in five dimensions, was developed. Three ex situ thermal desorption
processes—direct thermal desorption, indirect thermal desorption, and indirect thermal
heap—were selected for the method validation. The results showed that direct thermal des-
orption had the highest economic and social indicator scores. Indirect thermal desorption
had the highest technical and environmental indicator scores. Indirect thermal heap had
the highest resource indicator score. With balanced performance in five dimensions, the
overall comprehensive score order of the three ex situ thermal desorption is indirect thermal
desorption > indirect thermal heap > direct thermal desorption. Our evaluation system can
provide a theoretical basis for the improvement and selection of ex situ thermal desorption
remediation technology. Our study can also provide a novel evaluation approach for the
sustainable development and application of soil remediation technology.
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