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Advanced Oxidation Processes for Removal of Emerging
Contaminants in Water
Huijiao Wang 1,*, Yujue Wang 2,* and Dionysios D. Dionysiou 3,*

1 School of Chemical and Environmental Engineering, China University of Mining and Technology (Beijing),
Beijing 100083, China
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Abstract: This Special Issue includes manuscripts on mechanistic understanding, development, and
implementation of advanced oxidation processes (AOPs) for the removal of contaminants of emerging
concern in water and wastewater treatment. The main goal was successfully achieved under the joint
effort of authors, anonymous reviewers, and editorial managers. Totally, one review and 15 research
papers are included in the Special Issue. These are mainly focused on catalyst synthesis, reactor
design, treatment performance, kinetic modeling, reaction mechanisms, and by-product formation
during electrochemical, photocatalytic, plasma, persulfate, chlorine, ozone-based, and Fenton-related
AOPs at different scales. This Special Issue received attention from researchers from different parts of
the world such as Argentina, Brazil, Canada, China, Germany, India, Mexico, and the USA. The guest
editors are happy to see that all papers presented are innovative and meaningful, and hope that this
Special Issue can promote mechanistic understanding and engineering applications of AOPs for the
removal of contaminants of emerging concern in water.

Keywords: advanced oxidation; concern; contaminant; electrochemical; emerging; hydroxyl radical;
oxidation; ozonation; persulfate; photocatalysis; radical; UV; chlorine; UV/chlorine; Fenton; plasma; water

1. Introduction

Efficient and cost-effective removal of various contaminants in water matrices is a
major challenge in water and wastewater treatment [1,2]. In this regard, advanced oxidation
processes (AOPs) have been considered a promising option because highly reactive radicals
such as hydroxyl and sulfate radicals generated in AOPs can effectively oxidize a broad
range of emerging contaminants; other radicals such as reactive chlorine and nitrogen
radicals can also play significant roles [1,3–5]. Nevertheless, the practical application of
AOPs is challenged by the high energy demand, formation of harmful oxidation byproducts,
difficulty in scaling up, etc. [3,6,7]. Therefore, both novel mechanistic understanding and
improved engineering designs are needed to overcome these challenges and thus bridge
academic research with practical applications.

In this Special Issue, we attempted to focus on the mechanistic understanding, de-
velopment, and implementation of AOPs for the removal of emerging contaminants in
water and wastewater treatment. Ozone-, UV-, H2O2-, chlorine-, persulfate-based AOPs,
electricity-driven AOPs, and photocatalytic AOPs were among the technologies of interest
in this Special Issue. Relevant topics of interest included reaction kinetics, catalyst fabrica-
tion, model simulation, theoretical calculations, by-product formation, and degradation
mechanisms. Topics on reactor design, economic evaluation, and experiments at different
scales (lab- and pilot-scale) were also of interest.
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2. Summary of This Special Issue

Two papers were published on the topic of persulfate technology. In Liu et al. [8], the
authors investigated the degradation of acyclovir and atenolol by the UV/peroxydisulfate
(UV/PDS) process from the perspective of degradation kinetics, model simulations, and
reaction pathway. Results show that the UV/PDS process could effectively generate sulfate
radicals (SO4

•−) and hydroxyl radicals (•OH) to remove the two micropollutants, with
SO4

•− playing a more significant role in the process. In the other study, Mo et al. [9]
focused on the synthesis of a copper-magnesium oxide/carbon nitride composite (CM/g-
C3N4) to activate peroxymonosulfate (PMS). The CM/g-C3N4 presented superior catalytic
performance and reusability for PMS activation and Rhodamine B (RhB) degradation, and
SO4

•− and singlet oxygen (1O2) were found to be important for RhB removal. Therefore,
different oxidant species can be generated by various activation methods during the
persulfate oxidation process, which is beneficial for the degradation of micropollutants
with varying reactivities.

The electrochemical oxidation process is another effective technology for micropol-
lutant removal. For instance, Yanagida et al. [10] used the boron-doped diamond (BDD)
electrode to electrochemically oxidize PFAS in contaminated water and then scaled up the
technology for the treatment of 189 L of PFOA and PFOS-contaminated water. LC/MS/MS
analysis results show that micrograms per liter (ppb) PFAS could be easily degraded by
BDD electrochemical oxidation. Considering the great importance of electrode material,
da Silva et al. [11] evaluated the performance of three anodes (Ni/BDD, Ti/Pt, Ti/RuO2)
to treat groundwater contaminated by petroleum-derived fuel, with the Ti/RuO2 anode
achieving the highest chemical oxygen demand (COD) degradation efficiency and lowest
energy consumption. Besides, a pilot-flow plant was established to further verify the
viability of electrochemical treatment at a larger scale.

In addition to electrochemical oxidation, a heterogeneous electro-Fenton (HEF) pro-
cess using MnFe2O4-GO catalyst was employed to remove Rhodamine B from aqueous
solution [12]. This study focused on the efficiency of electrodes and catalyst, as well as their
application in real textile wastewater treatment. Significant color reduction and obvious
biodegradability enhancement were observed after treatment. Two other Fenton-related
studies were also reported in this Special Issue. In the study of Olea-Mejia et al. [13],
a Cu2O/Al2O3 catalyst was synthesized to improve Bisphenol A (BPA) oxidation and
mineralization during the photo-Fenton process driven by UV radiation and visible light.
Besides, Lin et al. [14] applied the Fenton process to treat acrylic manufacturing wastewater.
The results show that total organic carbon and nitrogen can be effectively removed to
meet related discharge standards, providing a successful example of industrial wastewater
treatment by the Fenton technology.

Three papers on the photocatalytic process were included in this Special Issue. In
Juárez-Cortazar et al. [15], TiO2 was doped with metal waste (door key) to improve its
photocatalytic efficiency, and a synergistic effect of the dopants and TiO2 was achieved
for diclofenac mineralization. Meanwhile, Mehling et al. [16] investigated the energetic
efficiency of TiO2 photocatalysis from a different perspective, i.e., reactor design. Three
reactor systems were evaluated, with catalyst arrangement and irradiation power identified
as the major influencing parameters on energy consumption performance. Other than
TiO2 doping and reactor design, Manassero et al. [17] focused more on radiation modeling
and kinetics in different photocatalytic reactors. In their study, a strategy was proposed
to obtain intrinsic kinetic parameters independent of reactor geometry, reactor size, and
irradiation conditions. The results indicate that the radiation model can be employed for
photocatalytic reactor design, optimization, and scaling-up, thus bridging the gap between
laboratory experiments and real applications.

Ozone-based AOP, as a promising research and development option, was investigated
from two different perspectives in this Special Issue. In the study of Luo et al. [18], ozonation
was combined with electro-coagulation (i.e., the electro-hybrid ozonation-coagulation
process) to remove surfactant and microplastics from laundry wastewater. In addition,
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Zhang et al. [19] prepared a mesoporous CeO2 by the nano-casting method and applied
the catalyst for the catalytic ozonation of atrazine. The well-ordered mesoporous structure,
high surface area, and redox Ce3+/Ce4+ cycling contributed to the superior activity of the
synthetical CeO2. Both studies present the effectiveness and important role of ozone-based
AOPs in the removal of emerging contaminants in water.

Plasma technology was also reviewed and studied in this Special Issue. In the re-
search paper of Liu et al. [20], a novel reactor was designed for simulated dye wastewater
treatment by plasma in the presence of various catalysts, and the results show that the
plasma/PS/Fe2+ system achieved the best synergy and highest removal rate. In the review
paper of He et al. [21], they summarized recent research progress on non-thermal plasma
technique for remediation of water and soil contaminated by emerging organic pollutants in
terms of pollutant degradation mechanism, the synergy of non-thermal plasma with other
techniques, bottlenecks, and suggestions to promote plasma technology toward practical
applications.

Besides, one paper investigated the removal of emerging contaminants by novel ma-
terial adsorption [22]. Specifically, a carbon material was derived from the nitrogen-rich
bio-based metal-organic framework (MOF) and was evaluated as an absorbent for phar-
maceutical elimination from the water environment. The high surface area and abundant
mesoporous structure of the obtained MOF contributed greatly to hydrophobic pharmaceu-
tical removal.

In addition to contaminant removal, the study of Li et al. [23] paid attention to disin-
fection by-product (DBP) formation during medium-pressure UV/chlorine AOP. Results
show that DBP formation is highly dependent on the precursor activity, solution pH, and
the presence of Br−. The authors suggest that the UV/chlorine-induced change in total
chlorine demand might be taken as an indicator to predict the change in DBP formation
potential.

Author Contributions: Writing—original draft preparation, H.W.; writing—review and editing,
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Abstract: Laundry wastewater is supposed to be one of the most important sources of surfactants
and microplastics in the wastewater treatment plant. Consequently, the aim of the study was
evaluating the performance and mechanism of the electro-hybrid ozonation–coagulation (E-HOC)
process for the removal of surfactants and microplastics. In this study, the efficiency of the E-HOC
process for surfactant and microplastic removal was examined at different current densities and
ozone dosages. Under the optimal reaction conditions (current density 15 mA·cm−2, ozone dosage
66.2 mg·L−1), both the removal efficiency of surfactant and microplastic can reach higher than 90%.
Furthermore, the mechanism of surfactant and microplastic removal was investigated by electron
paramagnetic resonance (EPR) and Fourier transform infrared spectroscopy (FT-IR). The results
showed that the E-HOC (carbon fiber cathode) system can produce more reactive oxygen species
(ROS), which can significantly improve the removal of the contaminants. In addition, the shape, size
and abundance of the microplastics were analyzed. It was found that the shape of the microplastics
in laundry wastewater is mainly fiber. Microplastics less than 50 µm account for 46.9%, while
only 12.4% are larger than 500 µm. The abundance of microplastics in laundry wastewater ranges
between 440,000 and 1,080,000 items per 100 L. The analysis of microplastics by FT-IR showed that
most of the microplastics in laundry wastewater were polyethylene, nylon and polyester. These
results indicated that the E-HOC process can effectively remove surfactants and microplastics from
laundry wastewater.

Keywords: electro-hybrid ozonation–coagulation (E-HOC); laundry wastewater; hydroxyl radical;
microplastic; surfactant

1. Introduction

Domestic laundry wastewater is a kind of greywater [1]. In China, the average annual
water consumption of each washing machine is about 10 m3 [2]. According to statistics, the
total amount of laundry wastewater discharged annually in China is about 10.71 billion
tons [3]. If such a large amount of laundry wastewater is directly discharged into the
environment without treatment, it will cause great burden and harm to the environment.
Direct discharge of laundry wastewater may not only cause eutrophication, but also affect
wastewater treatment plant performance [4]. Most of the laundry wastewater enters the
wastewater treatment plant directly through the municipal wastewater plumbing, which
can save water resources if it can be reused after treatment.

Domestic laundry wastewater often contains oils and fats, suspended solids, surfac-
tants as well as microplastics, etc. [1,5]. Due to the addition of detergents, there is an
increase in alkalinity and pH in laundry wastewater, which is rich in sodium, nitrogen,
phosphorus and surfactants but has a low BOD [6]. Laundry wastewater has a COD, BOD
and turbidity level of 375~4155 mg/L, 48~1200 mg/L and 14~400 NTU, respectively [3]. In
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addition, surfactants and microplastics are two typical pollutants in laundry wastewater.
Surfactants will cause potential harm to the environment after entering the environment.
Studies have pointed out that surfactants not only cause damage to the morphology and
physiology of plants, but also cause a significant decrease in sludge dewaterability [7,8].
Microplastic is another typical pollutant. The microplastics dropped from the clothes in
the laundry process is also an important pollutant. Microplastics are defined as plastic
particles and fibers less than 5 mm [9,10]. The study estimated that 9.1 × 1010 microplastic
items are discharged from domestic wastewater to wastewater treatment plants every day
in China [11]. Studies have shown that when activated sludge is chronically exposed to
microplastics, both millimeter sized microplastics and nano-sized microplastics can cause
a decline in sludge dehydration capacity [12]. In addition, the presence of surfactants
also enhances the migration behavior of microplastics in the environment. [13]. This may
contaminate ground water, rivers and lakes, etc. There have been many studies on the
removal of surfactants and microplastics, mainly divided into physicochemical (membrane
filtration, adsorption and electrocoagulation) and biological (aerobic, anaerobic, biofilter
and wetland). They are briefly mentioned below.

For physicochemical treatments, both ultrafiltration and microfiltration membrane
processes were highly effective, removing more than 90% of NPs/MPs fragment parti-
cles. Although the membrane filtration had a high efficiency, it needed to be cleaned
frequently [14]. Using micron iron oxide powder (magnetite and hematite) as an adsorbent
can remove 90% of cationic surfactants within 10 min, but a large amount of adsorbents are
required [15]. Furthermore, studies have shown that about 90% of the surfactant can be
removed by using electrocoagulation/electroflotation [16]. Another study showed that the
removal efficiencies of surfactants and microplastics are 94% and 98%, respectively, by the
electrocoagulation/electroflotation process [17].

For biological treatments, the aerobic moving bed bioreactor (MBBR) can stably remove
85~96% of the surfactant after 4 months of operation [18]. Moreover, an artificial wetland
to treat greywaters was developed. Their research demonstrated 77% removal of LAS after
15 days of hydraulic retention time (HRT) [19]. Meanwhile, the removal of microplastics
currently mainly relies on wastewater treatment plants, and studies have shown that
oxidation ditch (OD) and MBR can remove 53.6% and 82.1% of microplastics, respectively.
This may be due to the improved removal of microplastics by membrane filtration in the
MBR [20].

The treatment process of laundry wastewater can generally be divided into three
types: physicochemical process, biological process and the combination of physicochemical
and biological process [2]. Specific processes include moving bed bioreactor (MBBR) [18],
membrane filtration [21–25], solar photo-Fenton [26], electrocoagulation, ozonation [27],
membrane bioreactor (MBR) [28], UV/H2O2 [29], biological treatment combined with
UV/O3 [30], etc. In these processes, the electrocoagulation process has been widely used
because of its simple process, no need for manual dosing, low cost and high treatment
efficiency [31]. There have been many studies on the treatment of laundry wastewater by
electrocoagulation, which can effectively remove turbidity and chromaticity in water, and
has a good removal efficiency on COD [16,17,32–34]. In addition, electrocoagulation pro-
cess has a very good removal efficiency on microplastics. However, the electrocoagulation
process has limited removal efficiency although it is able to remove part of the surfactant.
It has been pointed out that the presence of surfactants can reduce the removal efficiency
of microplastic fibers during coagulation [35]. Obviously, the single electrocoagulation
process could not satisfy the treatment of all the wastewater. If it was combined with other
advanced oxidation processes, the desired efficiency could be obtained. Advanced oxida-
tion processes (AOPs) are increasingly used to remove surfactants from wastewater [36–40].
The combination of electrocoagulation process and electrooxidation process realizes the
efficient removal of COD and TOC [41,42]. The coupling of the electrocoagulation process
and ozone oxidation or electrocoagulation process in a series with ozone oxidation can
achieve efficient removal of textile wastewater [43].
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The research group has studied the removal mechanism of the relevant electro-hybrid
ozonation–coagulation (E-HOC) process in the early stage. The research shows that the
synergistic effects between ozone and coagulants (SOC) is helpful to improve the generation
of hydroxyl radicals (•OH) in the reaction system [44]. In addition, the efficiency of the
E-HOC process for pollutant removal was significantly improved in bipolar connection
and the dual-coagulant generation mode [45]. Moreover, the E-HOC (composite anode,
CA+) process achieves high efficiency and simultaneous removal of organics and ammonia
in leachate. The reactive chlorine species (RCS) generated in the E-HOC system promoted
the generation of hydroxyl radicals [46]. However, the efficiency and mechanism of the
E-HOC process for laundry wastewater treatment are still unclear.

In this study, the removal efficiency of C-E-HOC with a carbon fiber electrode as
cathode and an aluminium electrode as anode on CODcr, turbidity, LAS and microplastics
in laundry wastewater was studied. The microplastics were analyzed by fluorescence mi-
croscopy for characterization, shape, size and abundance. The role of the carbon fiber elec-
trode in the E-HOC process for production of reactive oxygen species analysis (ROS) was
assessed through electron spin resonance (EPR), Fourier transform infrared spectroscopy
(FT-IR) and H2O2 quantify to elucidate the mechanism of the simultaneous surfactant and
microplastic removal in the C-E-HOC process.

2. Materials and Methods
2.1. Raw Water

Two kinds of raw waters are used in this study. One is synthetic water in the laboratory,
and the other is taken from the drainage during the machine washing of household clothes
(including laundry wastewater, primary rinsing water and secondary rinsing water). The
raw water quality parameters were listed in Table 1 (Sodium linear alkylbenzene sulfonate
(LAS) is a widely used anionic surfactant in synthetic detergents [47]). Synthetic water in
the laboratory was used for the removal efficiency experiment of CODcr, turbidity and LAS,
and another raw water is used for the relevant research of microplastics.

Table 1. Raw water quality parameters.

Raw Water CODcr (mg/L) Turbidity (NTU) LAS (mg/L)

synthetic wastewater 800 ± 50 90 ± 20 100 ± 20
laundry wastewater 800 ± 100 97.5 ± 17.5 800 ± 50

primary rinsing water 140 ± 40 22.5 ± 7.5 15.5 ± 4.5
secondary rinsing water 80 ± 20 10.5 ± 4.5 8 ± 2

2.2. Experimental Agents

Dimethyl pyridine N-oxide (DMPO) used in EPR experiment is superior pure and
purchased from Sigma Aldrich (St. Louis, MO, USA). The rest were purchased from Kermel,
Tianjin, China. The potassium bromide (KBr) used in the experiment is spectral grade.
Other reagents used in this study are analytical grade, such as potassium dichromate
(K2Cr2O7), mercury sulfate (HgSO4), silver sulfate (Ag2SO4), concentrated sulfuric acid,
potassium titanium oxalate (C4K2O9Ti·2H2O), chloroform (CHCl3), sodium hydroxide
(NaOH), sodium dihydrogen phosphate monohydrate (NaH2PO4·H2O) and phenolph-
thalein (C20H14O4). Methylene blue is indicator level. All solutions were prepared with
ultrapure water.

2.3. The E-HOC Experiment

The experiment was carried out in a cubic glass container with a reaction volume
of 500 mL at room temperature. In this system, carbon fiber or stainless steel was used
as the cathode and aluminium was used as the anode. The length, width and thickness
of the electrodes are 7 cm, 6 cm and 0.1 cm, respectively. The effective reaction area of
the electrode was 84 cm2. The reaction time was 60 min, and slow stirring was always
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performed at 100 rpm during the reaction. The ozone generator converts the oxygen
source to ozone, which is fed through an aerated head to the reaction container. The ozone
generator was purchased from Sankang, Jinan, China. The electrode was connected with
a direct current (DC) power supply, which was purchased from ANNAISI, Wuxi, China.
A small amount of Na2SO4 was added to the water sample before the reaction to adjust
the electrical conductivity. The electrocoagulation reaction was started simultaneously
with the ozonation reaction. The flocs were allowed to settle sufficiently by standing for
30 min at the end of the reaction before the assay was performed. The removal efficiencies
of the E-HOC processes for CODcr, turbidity and LAS were determined at different current
density or different ozone dosage.

2.4. Analytical Methods
2.4.1. Determination of Physicochemical Indexes

The COD was analyzed by fast digestion-spectrophotometry [48]. Before the deter-
mination, the interference of suspended solids in the sample should be minimized. The
appropriate scale was selected according to the water quality of the water samples to be
tested. The turbidity was measured by a portable turbidimeter, purchased from HANNA,
Padovana, Italy. The LAS was determined by methylene blue spectrophotometry [49].
Water samples need to be pre-filtered by medium-speed qualitative paper filter to remove
suspended solids in order to remove insoluble anionic surfactants in the water samples
before the determination. H2O2 was determined by potassium titanate oxalate spectropho-
tometry. A sample was taken at 10 min (adjusted pH to 3), and 20 mL of the water sample to
be measured was placed in a 25 mL colourimetric tube. Next, 1 mL of 0.05 mol/L potassium
oxalate color developer was added to the water sample and subsequently diluted to the
scale, shaken well and left for 8 min. The sample was poured into a 10 mm cuvette and
measured with an ultraviolet spectrophotometer (UV-4802) at 385 nm wavelength.

2.4.2. Fourier Transform Infrared Spectroscopy (FT-IR) Analysis

The flocs after completion of the reaction were first frozen in the refrigerator and
subsequently cold dried in a vacuum freeze dryer until the moisture completely disap-
peared. The sample was obtained by mixing 10 mg of the cold dried floc and 990 mg of KBr
and grinding in an agate mortar. The samples were analyzed using a FT-IR spectrometer
(Model Nicolet 6700, Thermo Fisher Scientific, Waltham, MA, USA) at the range from 4000
to 500 cm−1.

2.4.3. EPR Analysis

EPR experiments trap hydroxyl radicals in the reaction system at room temperature by
trapping agent DMPO. Experiments were performed on a Bruker EMXmicro spectrometer
(Bruker Corporation, Bremen, Germany). Water samples were filtered through a 0.45 µm
filter before the determination. Next, 30 mM of the radical trapping agent DMPO were
added to each 500 µL of the water sample. The instrument determined the following
parameters: resonance frequency of 9.77 GHz, microwave power of 25.18 mW, modulation
frequency of 100 kHz, modulation amplitude of 1.0 G, sweep width of 700 G, time constant
of 81.92 ms, sweep time of 35 s, and receiver gain of 30 dB.

2.4.4. Microplastics Analysis

In all, 500 mL water samples were passed through a glass fiber filter membrane
(0.7 µm. 47 mm Ø, Xingya, Shanghai, China) and the samples were filtered. The filtered
filter membrane was placed in a Petri dish and wrapped in aluminium foil. Several fine
holes were tied on the surface of aluminium foil with needles, and the dish was placed in
an oven (60 ◦C) to dry for 1 h and then observed under a fluorescence microscope. The
microplastics observed under the microscope were classified and counted according to
shape and size.
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3. Results and Discussion
3.1. Removal Performance

The E-HOC process at the different current densities or different ozone dosages for
the removal efficiency of CODcr (a1, b1), turbidity (a2, b2), as well as LAS (a3, b3) in laundry
wastewater is shown in Figure 1. According to Figure 1, the E-HOC process resulted
in a superior CODcr removal efficiency compared with the electrocoagulation (EC) and
ozonation processes. The use of the EC process or ozonation process as the separate treat-
ment process faces important practical limitations. Neither the electrocoagulation process
nor the ozonation process can effectively remove CODcr, turbidity and LAS. Obviously, a
single treatment process cannot meet the treatment standards [50]. By contrast, the E-HOC
process can remove CODcr, turbidity and LAS efficiently. Our previous study found that
Al-based coagulants can not only enhance·OH generation during ozonation, but also the
addition of ozone promotes the conversion of the Al salt coagulant hydrolysis form to the
higher polymerized Al species. Consequently, there are synergistic effects between ozone
and coagulants (SOC) in the E-HOC process. [44]. In addition, contrasting Figure 1a2 with
Figure 1b2, it can be seen that the removal of turbidity was mainly dependent on the EC
process. This is similar to the previous research results. EC has an outstanding efficiency
on removing turbidity in the water samples [51–54].

Water 2022, 14, x FOR PEER REVIEW 5 of 17 
 

 

membrane was placed in a Petri dish and wrapped in aluminium foil. Several fine holes 
were tied on the surface of aluminium foil with needles, and the dish was placed in an 
oven (60 °C) to dry for 1 h and then observed under a fluorescence microscope. The mi-
croplastics observed under the microscope were classified and counted according to 
shape and size. 

3. Results and Discussion 
3.1. Removal Performance 

The E-HOC process at the different current densities or different ozone dosages for 
the removal efficiency of CODcr (a1, b1), turbidity (a2, b2), as well as LAS (a3, b3) in laundry 
wastewater is shown in Figure 1. According to Figure 1, the E-HOC process resulted in a 
superior CODcr removal efficiency compared with the electrocoagulation (EC) and ozona-
tion processes. The use of the EC process or ozonation process as the separate treatment 
process faces important practical limitations. Neither the electrocoagulation process nor 
the ozonation process can effectively remove CODcr, turbidity and LAS. Obviously, a sin-
gle treatment process cannot meet the treatment standards [50]. By contrast, the E-HOC 
process can remove CODcr, turbidity and LAS efficiently. Our previous study found that 
Al-based coagulants can not only enhance ·OH generation during ozonation, but also the 
addition of ozone promotes the conversion of the Al salt coagulant hydrolysis form to the 
higher polymerized Al species. Consequently, there are synergistic effects between ozone 
and coagulants (SOC) in the E-HOC process. [44]. In addition, contrasting Figure 1a2 with 
Figure 1b2, it can be seen that the removal of turbidity was mainly dependent on the EC 
process. This is similar to the previous research results. EC has an outstanding efficiency 
on removing turbidity in the water samples [51–54]. 

 
Figure 1. The E-HOC process at different current densities (a1,a2,a3) or different ozone dosages 
(b1,b2,b3) for the removal efficiency of CODcr (a1,b1), turbidity (a2,b2), LAS (a3,b3). 

However, the EC process is less effective for the removal of LAS than the ozonation 
process. Contrasting Figure 1a3 with Figure 1b3, it can be seen that the ozonation process 
can remove LAS from laundry wastewater with high efficiency. There are two ways for 
ozone to oxidize organic compounds in laundry wastewater: (i) direct reaction between 

Figure 1. The E-HOC process at different current densities (a1,a2,a3) or different ozone dosages
(b1,b2,b3) for the removal efficiency of CODcr (a1,b1), turbidity (a2,b2), LAS (a3,b3).

However, the EC process is less effective for the removal of LAS than the ozonation
process. Contrasting Figure 1a3 with Figure 1b3, it can be seen that the ozonation process can
remove LAS from laundry wastewater with high efficiency. There are two ways for ozone
to oxidize organic compounds in laundry wastewater: (i) direct reaction between ozone
and organic molecules or (ii) indirect reaction by attack of free radical species produced
by ozone decomposition. Studies have shown that ozone has the highest contribution
rate in the process of removing surfactant. The radical reaction plays a dominant role
in the oxidation of surfactant [55]. In addition, studies have shown that the presence of
low concentrations of surfactants can contribute to the ozone dissolution and indirect
generation of hydroxyl radicals in the ozone process [56]. Therefore, the removal of LAS
mainly depends on the ozonation process.

9



Water 2022, 14, 4138

Ultimately, the optimal reaction conditions of the E-HOC process in three laundry
wastewaters were obtained ((washing wastewater, 15 mA·cm−2, 66.2 mg·L−1) (primary rins-
ing water, 10 mA·cm−2, 36.6 mg·L−1) (secondary rinsing water, 10 mA·cm−2, 36.6 mg·L−1)).
Under the optimal reaction conditions, the removal rates of CODcr, turbidity and LAS
in washing wastewater are 93.9%, 99.7% and 99.9%, respectively. The pollutants in laun-
dry wastewater are mainly long-chain alkanes, aromatic compounds, esters and ethers.
Long-chain alkanes are firstly decomposed into short-chain alkanes. These substances
subsequently further decomposed into small molecule alkanes as well as small molecule
organic acids. Finally, long-chain alkanes, alkenes, ethers and esters have been completely
degraded [57,58].

3.2. Microplastic Analysis
3.2.1. Microplastics Removal Performance

The removal efficiency of the EC and E-HOC processes for microplastics from three
laundry wastewaters are shown in Figure 2. According to Figure 2, both E-HOC and EC
had a significant efficiency in removing the microplastics. In addition, a slightly lower
microplastics removal efficiency for the E-HOC process can be seen compared to the EC
process at the same reaction conditions. This is probably due to the addition of ozone.
Ozone causes the large flocs formed in the EC process to be broken into small flocs, resulting
in part in the microplastics falling off the flocs and returning back to the water sample.
Compared with the EC process, the flocs produced by E-HOC process are looser and
smaller in particle size.
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The process of EC can produce aluminium salt coagulant in situ at the Al electrode,
which synergistically removes microplastics from water bodies through a variety of mecha-
nisms including charge neutralization, adsorptive bridging and sweep flocculation [59].
There have been many previous studies that have shown that EC has excellent removal
efficiency for microplastics. The removal efficiency can reach 96.5% for microplastics under
the reaction conditions with a current density of 2.88 mA·cm−2 and an initial pH of 4 for
the real wastewater samples [60]. In addition, the aluminium anode is superior to the
iron anode in removing microplastics. When the pH is within the range from 3 to 10, the
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removal efficiency of EC for microplastics can reach more than 82%, and when the pH is
7.2, the maximum removal efficiency for microplastics can reach 98.4% [61]. A considerable
number of studies have proved that the removal efficiency of microplastics by the EC
process can reach more than 90% [17,62,63].

3.2.2. Shape and Size Analysis

Microplastics are divided into fibers, particles, fragments and films based on the
shape [64–67]. Before collecting laundry wastewater, wash the washing machine twice
without adding clothes to reduce interference. The shape of the microplastics observed
under the fluorescence microscope is shown in Figure 3. As shown in Figure 3, fiber-shaped
microplastics account for the vast majority of them. Clothing releases a large number of
microplastic fibers during its washing, and laundry wastewater is an important source of
microplastic fibers in wastewater treatment plants and the environment [68].
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Figure 3. Microplastics observed by fluorescence microscopy.

To further study the characteristics of microplastics in laundry wastewater, the shape
and size distribution of the microplastics is shown in Figure 4. As shown in Figure 4,
73.8% of the microplastics detected in laundry wastewater were fibers. According to the
microplastics size, it was divided into four ranges: less than 50 µm, more than 50 µm and
less than 200 µm, more than 200 µm and less than 500 µm, more than 500 µm. According to
Figure 4, 46.9% of the microplastics were less than 50 µm, Only 12.4% of the microplastics
were larger than 500 µm. The microplastics were available in sizes ranging from 6.1 µm to
4000 µm. A study found that the average length of the microplastics found in household
laundry wastewater was 2258.59 µm [69]. In addition, only 7% of the microplastics fibers
were longer than 500 µm, 40% were between 100 and 500 µm and 53% were between 50
and 100 µm [70]. In household laundry wastewater, the study found that 48.64% of the
released microfibers were shorter than 5 µm in length, and only 11.49% of the microfibers
were longer than 500 µm [71]. This is similar to our findings.
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3.2.3. Quantitative Analysis

Due to the consideration of the factor that the amount of water in laundry wastewater
is large, even low concentration of microplastics have many microplastics discharged
to the environment. As shown in Figure 5, overall, the amount of microplastics in the
washing wastewater was the largest, followed by the primary rinsing wastewater and
finally the secondary rinsing wastewater. In terms of the overall quantity, sample 1 released
44 × 104 items of microplastics per 100 L of water, and sample 4 released 108 × 104 items
of microplastics per 100 L of water. This can be caused by many factors including the fabric,
the textile process as well as the thickness of the clothing. Studies have confirmed that the
interlacing coefficient of textiles affects the number of particles in wastewater. The results
show that the higher the yarn’s density/cm in the fabric, the lower the fiber content in
the wastewater [72]. One study has shown that more than 150,000 fibers are released per
1 kg of laundry wash [11]. Cleaning PET knitted fibers in the washing machine releases
4489.93 fibers/L or 368,094.07 fibers per kilogram [73].

It can be seen that the quantity of microplastics is easily affected by many factors, but
considering that the total amount of microplastics discharged into the environment is still
large, its potential harm to the environment cannot be ignored. We can think of a front-end
design to remove microplastics before they enter the wastewater treatment plant or the
environment.
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3.2.4. FT-IR Analysis of Microplastics

The FT-IR spectra of the microplastics detected from the different stages of laundry
wastewater are shown in Figure 6. According to Figure 6, the kinds of microplastics in
laundry wastewater at the different stages did not change obviously. Comparing with
FT-IR spectra of standards [74], it is found that the microplastics in laundry wastewater are
mainly polyethylene (PE), nylon (Polyamide, PA) and polyester (PET). The peaks of PE, PA
and PET are 2914 and 2850 cm−1, 1650 and 1540 cm−1, 1700 and 1060 cm−1, respectively.
These are the plastic polymers commonly used in textiles [69]. PE may also come from
personal care products such as toothpaste and facial cleanser [75]. This is similar to the
composition of microplastic fibers in wastewater treatment plants [76].

3.3. Mechanism Analysis
3.3.1. Reactive Oxygen Species Analysis

The production of •OH in the reaction system was compared by EPR when the
cathode was a carbon fiber electrode and a stainless steel electrode, respectively (Figure 7).
According to Figure 7, there were four peaks centered at 3500 G in the EPR spectrum with
a peak height ratio close to 1:2:2:1, which was a typical DMPO-•OH profile [77,78]. •OH
was detected in both laundry wastewater and ultrapure water, but it was not obviously
detected in ultrapure water by the carbon fiber cathode system. Compared with Figure 7a,b,
the EPR peak of •OH generated by the carbon fiber cathode system is higher than that of
the stainless steel cathode system, which is because the carbon fiber cathode will generate
H2O2 in the system (Equation (1)) [79], and H2O2 will further react and convert into •OH.
This indicates that more •OH is produced in the carbon fiber cathode system than in the
stainless steel cathode system. Previous studies of our group have shown that •O2

− can
also be produced in the reaction system [44,45], which can be further converted to •OH
in the system (Equations (2) and (3)) [80,81]. The change of pH in the system before and
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after the reaction was measured. The carbon fiber system changed from 8.3 to 8.9, and the
stainless steel system changed from 8.26 to 8.78.

O2 + 2H+ + 2e− → H2O2, (1)

•O2
− + H+ → H2O2 + O2, (2)

•O2
− + H2O2 + H+ → O2 + •OH + H2O, (3)
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cathode (carbon fiber (a,c), stainless steel (b,d)).
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To further verify the ability of the carbon fiber cathode system to produce H2O2, the
concentration of H2O2 in the reaction system at different current densities or under different
reaction conditions was determined in the washing wastewater. There are two groups of
reactions. One is to keep the ozone dosage constant, only changing the current density,
while the other is to keep the current density constant, only changing the ozone dosage.

Figure 8 shows the ability of the carbon fiber cathode and the stainless steel cathode
to produce H2O2 under different current densities or different ozone dosages by using
titanium salt photometry. According to Figure 8, under different reaction conditions, the
carbon fiber cathode had a stronger ability to produce H2O2 in the reaction system than
the stainless steel cathode. The best reaction conditions were further demonstrated by the
fact that the carbon fiber electrode has the highest capacity to produce H2O2 in the reaction
system with a current density of 15 mA·cm−2 or ozone dosage of 66.2 mg·L−1. Under the
optimal reaction conditions (current density of 15 mA·cm−2, ozone dosage of 66.2 mg·L−1),
the carbon fiber system produced H2O2 at a concentration 32.2% higher than that of the
stainless steel system. This also verifies the result that the peak height of the carbon fiber
cathode system is higher than the stainless steel cathode system in EPR experiments.
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Based on the previous research, •OH, H2O2 and •O2
− were generated in the E-HOC

process. The •OH quenching experiences indicated that •OH accounted for approximately
90% contribution for the E-HOC process, which indicated •OH played a dominant role in
pollutant removal [45].

3.3.2. FT-IR Analysis of Flocs

In order to further define the characteristics of the E-HOC process with the carbon
fiber electrode as the cathode, the functional group changes of the flocs after the reaction of
the contrasting carbon fiber system with the stainless steel system were determined. As
shown in Figure 9, the peak around 1630 cm−1 is mainly caused by the stretching vibration
of the -C=C- or O-H bending of the absorbed water molecules [82–85]. The peak around
3400 cm−1 results from the stretching of the O-H bond of the hydroxyl group [86]. The
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peak around 1400 cm−1 may be due to the formation of the H bond with the aluminium
hydroxide precipitates [87].
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Figure 9. FT-IR spectra of flocs in the reaction system of washing wastewater treatment by E-HOC
process under different cathode electrode conditions.

Comparing the FT-IR spectra of the flocs between the carbon fiber cathode system and
the stainless steel cathode system, the peaks of both basically coincided, but the peaks in
the carbon fiber cathode system was a little lower than that in the stainless steel cathode
system. In a previous study, the O3 addition during the EC process decreased the peak
intensity of hydroxyl groups on the surface of the aluminium salt coagulants generated
in situ at the anode, indicating that there is an interaction between the surface hydroxyl
groups and O3, and that there is a complexation between the coagulant and the surface
hydroxyl groups of organics in the system [88]. Since the carbon fiber cathode system
showed higher removal efficiency for the contaminants than the stainless steel cathode
system with a large consumption of reactive oxygen species, the intensity of the peaks
would be lower than that of the stainless steel cathode system.

4. Discussion

The removal efficiency of CODcr, turbidity and LAS in the C-E-HOC process is higher
than that in the traditional electrocoagulation process and the ozonation process. The
optimal reaction conditions of C-E-HOC for washing wastewater are a current density of
15 mA·cm−2 and an ozone dosage of 66.2 mg·L−1. The removal efficiency of microplastics
by the C-E-HOC process is slightly lower than that by the EC process because ozone
aeration causes the large flocs to break down, causing a portion of the microplastics to
fall off from the flocs. In addition, 73.8% of the microplastics were shaped as fibers, and
nearly half of the microplastics were less than 50 µm in size. In the process of household
laundry, 440,000 to 1,080,000 microplastics will be released to the environment for per 100 L
of water. According to FT-IR analysis, the microplastics in laundry wastewater are mainly
polyethylene, nylon and polyester. By comparing the E-HOC processes of different types of
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cathodes, the C-E-HOC process generated more •OH during the reaction compared with
SS-E-HOC. In addition, more H2O2 could be generated from the carbon fiber cathode in
the system, and H2O2 would be further converted to •OH.

Author Contributions: Methodology, J.L. and X.J.; formal analysis, J.L.; investigation, J.L. and Y.W.;
data curation, J.L.; writing—original draft preparation, J.L.; writing—review and editing, X.J. and
J.L.; project administration, P.J.; funding acquisition, P.J. All authors have read and agreed to the
published version of the manuscript.

Funding: This work was supported by the National Natural Science Foundation of China
(No. 52230001, 52070151, 52170052), the Key Research and Development Project of Shaanxi Province
(No. 2021ZDLSF05-06), Technology Innovation Leading Program of Shaanxi (No. 2020CGXNG-021).

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Data Availability Statement: Data will be made available on request.

Conflicts of Interest: The authors declare no conflict of interest.

References
1. Deshayes, S.; Eudes, V.; Bigourie, M.; Droguet, C.; Moilleron, R. Alkylphenol and phthalate contamination of all sources of

greywater from French households. Sci. Total Environ. 2017, 599, 883–890. [CrossRef] [PubMed]
2. Ho, K.C.; Teow, Y.H.; Sum, J.Y.; Ng, Z.J.; Mohammad, A.W. Water pathways through the ages: Integrated laundry wastewater

treatment for pollution prevention. Sci. Total Environ. 2021, 760. [CrossRef] [PubMed]
3. Manouchehri, M.; Kargari, A. Water recovery from laundry wastewater by the cross flow microfiltration process: A strategy for

water recycling in residential buildings. J. Clean. Prod. 2017, 168, 227–238. [CrossRef]
4. Santiago, D.E.; Hernández Rodriguez, M.J.; Pulido-Melian, E. Laundry Wastewater Treatment: Review and Life Cycle Assessment.

J. Environ. Eng. 2021, 147, 143966. [CrossRef]
5. Cesa, F.S.; Turra, A.; Baruque-Ramos, J. Synthetic fibers as microplastics in the marine environment: A review from textile

perspective with a focus on domestic washings. Sci. Total Environ. 2017, 598, 1116–1129. [CrossRef]
6. Shi, K.-W.; Wang, C.-W.; Jiang, S.C. Quantitative microbial risk assessment of Greywater on-site reuse. Sci. Total Environ. 2018,

635, 1507–1519. [CrossRef]
7. Nicolotti, G.; Rettori, A.; Paoletti, E.; Gullino, M.L. Morphological and physiological damage by surfactant-polluted seaspray on

Pinus pinea and Pinus halepensis. Environ. Monit. Assess. 2005, 105, 175–191. [CrossRef]
8. Wang, L.-F.; Wang, L.-L.; Li, W.-W.; He, D.-Q.; Jiang, H.; Ye, X.-D.; Yuan, H.-P.; Zhu, N.-W.; Yu, H.-Q. Surfactant-mediated

settleability and dewaterability of activated sludge. Chem. Eng. Sci. 2014, 116, 228–234. [CrossRef]
9. Sun, J.; Zhu, Z.R.; Li, W.H.; Yan, X.; Wang, L.K.; Zhang, L.; Jin, J.; Dai, X.; Ni, B.J. Revisiting Microplastics in Landfill Leachate:

Unnoticed Tiny Microplastics and Their Fate in Treatment Works. Water Res. 2021, 190, 116784. [CrossRef]
10. Li, J.Y.; Liu, H.H.; Chen, J.P. Microplastics in freshwater systems: A review on occurrence, environmental effects, and methods for

microplastics detection. Water Res. 2018, 137, 362–374. [CrossRef]
11. Tang, N.; Liu, X.N.; Xing, W. Microplastics in wastewater treatment plants of Wuhan, Central China: Abundance, removal, and

potential source in household wastewater. Sci. Total Environ. 2020, 745, 141026. [CrossRef] [PubMed]
12. Xu, J.; Wang, X.; Zhang, Z.; Yan, Z.; Zhang, Y. Effects of chronic exposure to different sizes and polymers of microplastics on the

characteristics of activated sludge. Sci. Total Environ. 2021, 783, 146954. [CrossRef] [PubMed]
13. Jiang, Y.J.; Zhou, S.; Fei, J.; Qin, Z.; Yin, X.; Sun, H.; Sun, Y. Transport of different microplastics in porous media: Effect of the

adhesion of surfactants on microplastics. Water Res. 2022, 215, 118262. [CrossRef] [PubMed]
14. Pramanik, B.K.; Pramanik, S.K.; Monira, S. Understanding the fragmentation of microplastics into nano-plastics and removal

of nano/microplastics from wastewater using membrane, air flotation and nano-ferrofluid processes. Chemosphere 2021, 282.
[CrossRef]

15. Borghi, C.C.; Fabbri, M.; Fiorini, M.; Mancini, M.; Ribani, P.L. Magnetic removal of surfactants from wastewater using micrometric
iron oxide powders. Sep. Purif. Technol. 2011, 83, 180–188. [CrossRef]
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Highlights:

• MPUV/chlorine increased the chlorine demand and DBPFP of benzoic acid and nitrobenzene.
• MPUV/chlorine showed no further activation on active DBP precursors.
• MPUV/chlorine at pH 6 showed greater impact on precursors’ DBPFP than at pH 8.
• MPUV/chlorine increased the BSF of THMs in the presence of bromine.

Linear correlation was observed between changes in precursors’ chlorine demand and DBPFP.

Abstract: UV/chlorine advanced oxidation process (AOP), as a potential alternative to UV/H2O2

in water treatment, may pose a potential risk of increased disinfection by-product (DBP) formation
and is of great concern. In this paper, seven benzene derivatives, containing two chlorine-inert and
five chlorine-active compounds, were selected as typical model DBP precursors, and the effects of
medium pressure UV/chlorine (MPUV/chlorine) on their chlorine demand and DBP formation
potential (DBPFP) were evaluated. The results showed that MPUV/chlorine could significantly
increase the chlorine demand and DBPFP of the two inert precursors. For the four slow but active
DBP precursors, MPUV/chlorine may accelerate their short-term DBP formation, whereas it showed
an insignificant effect or even reduced their chlorine demand and DBPFP. For the only fast and active
DBP precursor, MPUV/chlorine showed an insignificant effect on its short-term DBP formation or
DBPFP. The overall effect of MPUV/chlorine was more significant at pH 6 than at pH 8. In the
presence of Br−, MPUV/chlorine significantly increased the bromine substitution factors of THMs.
In addition, linear fitting results indicated that the UV/chlorine-induced change in overall chlorine
demand may be considered as a potential indicator for the prediction of DBPFP alteration.

Keywords: medium pressure UV/chlorine; advanced oxidation process; disinfection by-products;
benzene derivatives; bromide (Br−)

1. Introduction

Ultraviolet (UV) irradiation and chlorination are commonly used disinfection strate-
gies for the inactivation of water-borne pathogens. In recent years, with the rapid urban-
ization and industrialization of China, the problem of micro-pollution in source water has
become prominent, and the removal of refractory micro-pollutants has posed a major chal-
lenge for conventional drinking water treatment processes. UV-based advanced oxidation
process (AOP) can generate radicals via UV irradiation of oxidants and effectively remove
refractory pollutants from water. Among the state-of-the-art UV-AOPs (e.g., H2O2, O3,
persulfate, chlorine, and peracetic acid) [1–6], UV/chlorine AOP can generate a diverse
spectrum of reactive radicals including nonselective hydroxyl radicals (HO•) and selective
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reactive chlorine species (RCS), such as Cl•, ClO•, and [7] Cl2•− [7,8], contributing to its
comparable or even better performance in eliminating refractory micro-pollutants (e.g.,
pharmaceuticals and personal care products, endocrine disrupting chemicals, and algal
toxins) compared to UV/H2O2 AOP [9–11]. Consequently, UV/chlorine AOP is emerging
as a potential alternative to the conventional UV/H2O2 AOP for tertiary water treatment.

However, the relatively high chlorine dose used in UV/chlorine AOP compared to
traditional disinfection (e.g., 2–10 mg/L vs. 0.2–2 mg/L) and the involvement of RCS
oxidation may pose the risk of enhanced DBP formation during the process [12–14]. In
addition, UV/chlorine oxidation may change the structure of organics in water while
removing refractory pollutants, and thus affect the chlorine demand and disinfection
by-product (DBP) formation of treated water during subsequent chlorine disinfection.
Previous studies have found that the short-term (2–60 s) UV/chlorine treatment often does
not directly generate a large amount of DBPs [15,16]. However, UV/chlorine oxidation may
significantly increase the DBP formation potential (DBPFP) of effluent after the subsequent
chlorine disinfection [17,18]. At present, relevant researches were mostly targeted to
specific source water or natural organic matter (NOM) from specific sources [13,19–21].
Considering that the structure of DBP precursors in water is complex and varies greatly
with different water sources, the research results have certain limitations. Therefore, this
study attempts to disassemble a complex structure of aromatic precursors in the water body
and select seven benzene derivatives with different substituents as the model precursors,
in order to explore the relationship between the chemical structure of the precursors and
the UV/chlorine-induced changing patterns of DBPs. Furthermore, in this study, medium
pressure mercury lamp (MPUV) was used as UV light source, which has high power to
obtain the UV dose for AOP within seconds and is widely applied in practical water plants,
in order to better simulate the actual reaction conditions of UV/chlorine [13,22].

In summary, this study aimed to select seven benzene derivatives with different
substituents as model DBP precursors, and evaluate the effect of MPUV/chlorine oxi-
dation on their chlorine demand and DBP formation. Considering the pH-dependence
of radical production in MPUV/chlorine system [23], both MPUV/chlorine at pH 6 and
8 were evaluated [24]. In addition, given that common co-existing bromide (Br−) may
promote the formation of highly toxic brominated disinfection by-products (Br−DBPs),
the effect of MPUV/chlorine on Br−DBP formation in the presence of bromide was also
investigated. The results of this study would provide insights into the relationship be-
tween MPUV/chlorine-induced DBP formation and precursor structure, and be helpful in
predicting the DBP variation trend caused by MPUV/chlorine oxidation.

2. Materials and Methods
2.1. Chemicals and Materials

A total of seven benzene derivatives including phenol (PN), resorcinol (RSC), ben-
zoic acid (BA), nitrobenzene (NB), o-chlorophenol (2-MCP), p-chlorophenol (4-MCP),
and 2,4,6-trichlorophenol (2,4,6-TCP) were selected as model precursors, structures, and
characteristics, which were shown in Table 1. Model precursors, sodium hypochlo-
rite (NaOCl, 4.0–4.99%), and ascorbic acid were of analytical grade and obtained from
Shanghai Titan Scientific Co., Ltd. (Shanghai, China). Analytical grade potassium hy-
drogen phosphate (K2HPO4), potassium dihydrogen phosphate (KH2PO4), sodium bro-
mide, and anhydrous sodium sulfate (Na2SO4) were obtained from Sinopharm Chemical
Reagent Co., Ltd. (Shanghai, China). All reaction solutions were prepared with Milli-Q®

ultrapure water. DBP standards, including THMs, HAAs, HANs, HALs, and TCNM
were purchased from CanSyn Chemical Corp. (Toronto, ON, Canada). Internal standards
(1,2-dibromopropane and 2,3,4,5-tetrafluorobenzoic acid) were purchased from
Sigma-Aldrich (Saint Louis, MO, USA). HPLC grade methyl-tert-butyl ether (MTBE) and
methanol were provided by Thermo Fisher (Waltham, MA, USA).
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Table 1. List of seven benzene derivatives as model precursors.

Name (Symbol) Molecular Formula Structure Substituted Groups

Benzoic acid (BA) C7H6O2
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2.2. Experimental Procedures
2.2.1. Short-Term Oxidation in the UV Reactor

MPUV/chlorine illumination experiment was carried out by medium pressure UV
quasi-parallel beam, as shown in Figure 1. Spectra of the MP mercury lamp (1 kW, Heraeus,
Hanau, Germany) were shown in Figure S1. The average irradiance (10 mW/cm2) was
obtained using the calibrated Ocean Optics Spectro radiometer (USB4000), and the UV
dose (600 mJ/cm2, a typical dose used practically) [13,25,26] was obtained by multiplying
the average irradiation intensity with the irradiation time. A 100 mL working solution
containing a certain precursor (3.0 mg C/L) was dosed with 10 mg/L free chlorine and
simultaneously irradiated at 22 ± 1 ◦C with stirring for 60 s. The reaction solution was
adjusted to pH 6.0 or 8.0 using 10 mM phosphate buffer. Additionally, 1 mL of the solution
was taken for the analysis of total chlorine residual after 60 s reaction. The effect of Br−

on their DBP formation with regard to UV/chlorine treatment was evaluated by spiking
1 mg/L Br− to 100 mL precursor solution as discussed. Dark chlorination tests without UV
irradiation were carried out as control under parallel conditions.
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2.2.2. DBP Formation Potential Tests

After the pre-chlorination test, the samples were transferred to headspace-free amber
glass bottles and subject to the recommended uniform formation condition (UFC) tests [27].
The working conditions were as follows: The pH value was adjusted to 8.0, and the initial
residual chlorine value was adjusted by adding chlorine or quenching agent (ascorbic acid)
to ensure that the residual chlorine was 1 ± 0.4 mg /L after standing at 22 ± 1 ◦C for
24 h under dark conditions. The amount of chlorine or quench agent was determined by
preliminary tests. Chlorine demand (total active chlorine) and DBP yields (i.e., DBPFP)
were analyzed after 24 h post-chlorination. All experiments were conducted in duplicate
with the averaged values being reported.

2.3. Analytical Methods

Concentrations of total chlorine in working solutions were determined using N,N
diethyl-p-phenylenediamine (DPD) colorimetric method with a HACH DR/2500 spec-
trophotometer [28]. Additionally, 1,2-dibromopropane was used as the internal standard of
THMs, HALs, HANs, and TCNM. Moreover, 2,3,4,5-tetrafluorobenzoic acid was used as
the internal standard of HAA samples. After the addition of internal standards, samples
of THMs, HALs, HANs, and TCNM were pretreated by liquid-liquid extraction accord-
ing to USEPA 551.1 [29]. HAA samples were measured by GC-ECD after liquid-liquid
extraction and derivatization according to USEPA 552.1 [30]. All DBPs were measured
using a gas chromatograph (GC-2010, Shimadzu, Kyoto, Japan), which was equipped with
HP-5 capillary column (30 m × 0.25 mm, 0.25 mm film thickness, J&W, USA) and electron
capture detector. For HAAs, the temperature program was initially set at 40 ◦C for 5 min,
ramped to 65 ◦C at 2.5 ◦C/min, then to 85 ◦C at 10 ◦C/min and held for 3 min, and finally
to 230 ◦C at 20 ◦C/min and held for 3 min. For non-HAA DBPs, the temperature program
was set at 30 ◦C for 10 min, ramped to 80 ◦C at 7 ◦C/min and held for 3 min, then to
110 ◦C at 5 ◦C /min and held for 3 min, and finally to 200 ◦C at 20 ◦C /min and held for
2.5 min. The limits of quantification (LOQ) for THMs, HAAs, HALs, HANs, and TCNM
were less than 0.5, 1.5, 1.6, 2.4, and 0.05 µg/L. The effect of Br− on formation of brominated
THMs and HAAs were analyzed by calculating the bromine substitution factors (BSFs) of
trihalomethane and haloacetic acid (Equations (1) and (2)):

BSFTHMs =
∑3

n=1 n×CHCl(3−n)Brn

3×∑n=3
n=0 CHCl(3−n)Brn

(1)

BSFHAAs =
∑3

n=1 ∑4−n
m=1 n×C2HmO2Cl(4−m−n)Brn

∑3
n=0 ∑3−n

m=1(4−m)×C2HmO2Cl(4−m−n)Brn
(2)

3. Results and Discussion
3.1. Chlorine Demand

The chlorine consumption of the seven model compounds in 60 s dark chlorination and
MPUV/chlorine oxidation is shown in Table 2. During dark chlorination, RSC reacted with
chlorine at an extremely fast rate among those precursors, with almost exhaustion of 10 mg/L
chlorine within 60 s. However, the other six benzene derivatives reacted with chlorine relatively
slowly, with the chlorine consumption ranging between 0.10 and 0.27 mg Cl/mg C. As UV
was turned on, their chlorine consumption increased to different extents (except for RSC),
which followed the order of NB < BA < 2,4,6-TCP < PN < 2-MCP < 4-MCP. The increase
in chlorine consumption may be attributed to the photolysis of chlorine, and probably
partly due to the higher reactivity of the intermediate products toward chlorine than the
parent precursor in the MPUV/chlorine-treated system. The greater increase in chlorine
consumption at pH 8 than at pH 6 may be related to the different dominant existing forms
at different pHs (HOCl and OCl− at pH 6 and 8, respectively) and higher photolysis rate of
OCl− than HOCl [31].
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Table 2. Chlorine decay of the seven model compounds during the 60 s pre-oxidation under the following
conditions: Chlorine dose = 10 mg Cl2/L, pH = 6.0 or 8.0, [model benzene precursors]0 = 3 mg-C/L,
UV fluence rate = 10 mW/cm2, [ Br−] = 1 mg/L.

Model
Precursors pH 6 (mg Cl/mg C) pH 8 (mg Cl/mg C)

Ambient Bromide-spiked Ambient Bromide-spiked

Cl2 alone UV/Chlorine Cl2 alone UV/Chlorine Cl2 alone UV/Chlorine Cl2 alone UV/Chlorine

BA 0.05 ± 0.0 0.37 ± 0.0 0.01 ± 0.0 0.38 ± 0.0 0.02 ± 0.0 0.96 ± 0.1 0.01 ± 0.0 0.98 ± 0.1
NB 0.01 ± 0.0 0.33 ± 0.0 0.01 ± 0.0 0.30 ± 0.0 0.01 ± 0.0 0.63 ± 0.0 0.01 ± 0.0 0.66 ± 0.0
PN 0.13 ± 0.0 0.93 ± 0.1 0.12 ± 0.0 0.98 ± 0.1 0.2 ± 0.0 1.34 ± 0.1 0.24 ± 0.0 1.47 ± 0.2
RSC 3.34 ± 0.3 3.38 ± 0.3 3.30 ± 0.3 3.37 ± 0.3 3.30 ± 0.2 3.37 ± 0.3 3.30 ± 0.3 3.37 ± 0.4

2-MCP 0.23 ± 0.0 1.07 ± 0.0 0.53 ± 0.0 1.37 ± 0.0 0.27 ± 0.0 1.53 ± 0.1 0.55 ± 0.0 1.65 ± 0.1
4-MCP 0.10 ± 0.0 1.33 ± 0.1 0.08 ± 0.0 1.57 ± 0.1 0.13 ± 0.0 1.73 ± 0.1 0.17 ± 0.0 1.83 ± 0.1

2,4,6-TCP 0.20 ± 0.0 0.70 ± 0.0 0.23 ± 0.0 1.37 ± 0.1 0.17 ± 0.0 1.15 ± 0.1 0.21 ± 0.0 1.37 ± 0.1

The overall chlorine demands of the seven model compounds after post-chlorination
were shown in Table 3. Compared with dark chlorination, MPUV/chlorine oxidation
showed an activation effect on the two inert precursors (i.e., BA and NB) especially at pH 6,
which increased the chlorine demands of BA and nitrobenzene from 0.02–0.05 mg Cl/mg C
and 0.01 mg Cl/mg C to 1.50–2.07 mg Cl/mg C and 0.97–1.23 mg Cl/mg C, respectively.
The greater activation effect at pH 6 indicated the probably higher contribution of HO•/Cl•

than ClO• considering that the concentration of HO•/Cl• in the system was higher under
acidic conditions than under basic conditions [32]. On the contrary, MPUV/chlorine
oxidation reduced or showed little effect on the chlorine demands of the five chlorine-active
precursors. Additionally, MPUV/chlorine oxidation promoted the chlorination rate of
these five precursors (Table 2), but was not likely to further increase their overall chlorine
demands. Moreover, it can be seen from Tables 2 and 3 that addition of 1 mg/L Br− may
increase the chlorine demands of certain precursors (e.g., PN and 2-MCP), which may
be probably due to the consumption of chlorine via the oxidation of Br− by chlorine [33].
However, Br− addition showed a minor effect on the overall changing trends of these
precursors’ short-term chlorine decay or chlorine demand.

Table 3. Chlorine demands of the seven model compounds after the 60 s short-term ox-
idation under the following conditions: Chlorine dose = 10 mg Cl2/L, pH = 6.0 or 8.0,
[model benzene precursors]0 = 3 mg-C/L, UV fluence rate = 10 mW/cm2, [Br−] = 1 mg/L.

Model
Precursors pH 6 (mg Cl/mg C) pH 8 (mg Cl/mg C)

Ambient Bromide-spiked Ambient Bromide-spiked

Cl2 alone UV/Chlorine Cl2 alone UV/Chlorine Cl2 alone UV/Chlorine Cl2 alone UV/Chlorine

BA 0.05 ± 0.0 2.07 ± 0.1 0.12 ± 0.0 2.07 ± 0.1 0.02 ± 0.0 1.50 ± 0.1 0.10 ± 0.0 1.50 ± 0.1
NB 0.01 ± 0.0 0.97 ± 0.1 0.01 ± 0.0 1.01 ± 0.0 0.01 ± 0.0 1.23 ± 0.1 0.01 ± 0.0 1.29 ± 0.1
PN 6.71 ± 0.3 6.47 ± 0.2 7.42 ± 0.2 6.89 ± 0.2 6.90 ± 0.2 6.66 ± 0.2 7.68 ± 0.1 6.78 ± 0.2
RSC 6.11 ± 0.2 6.32 ± 0.3 6.27 ± 0.2 6.31 ± 0.3 6.30 ± 0.1 6.45 ± 0.0 6.42 ± 0.0 6.54 ± 0.1

2-MCP 6.87 ± 0.3 6.72 ± 0.1 7.40 ± 0.2 7.22 ± 0.1 7.59 ± 0.2 6.81 ± 0.2 7.93 ± 0.2 7.36 ± 0.1
4-MCP 7.19 ± 0.2 6.65 ± 0.2 7.14 ± 0.2 7.2 ± 0.1 7.29 ± 0.3 6.76 ± 0.0 7.63 ± 0.1 7.14 ± 0.2

2,4,6-TCP 6.72 ± 0.2 6.17 ± 0.1 6.71 ± 0.1 6.22 ± 0.2 6.10 ± 0.0 6.30 ± 0.1 6.43 ± 0.1 6.25 ± 0.0

In summary, for benzene precursors with low chlorination rate but high chlorine
demand, MPUV/chlorine tends to promote their chlorine consumption rate but reduce
their chlorine demand, while for chlorine-inert precursors, MPUV/chlorine showed a
significant activation effect, increasing both their chlorination rate and overall chlorine
demands especially under acidic conditions.
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3.2. Effect of MPUV/Chlorine Oxidation on DBP Formation from Seven Benzene Precursors
3.2.1. Effect of MPUV/Chlorine Oxidation on DBP Formation from Inert Benzene
Precursors without Bromide

As shown in Figure 2, the 60 s short-term DBP formation and DBPFP of BA and
NB were within 5 µg/mg C, indicating that both BA and NB are typical inert DBP pre-
cursors. Turning on UV increased their short-term DBP formation to 8.41–8.41 µg/mg C and
5.91–7.62 µg/mg C, respectively, and their DBPFP to 20.98–42.47 µg/mg C and
17.45–33.53 µg/mg C, with more significant activation due to MPUV/chlorine oxida-
tion at pH 6 than at pH 8. The different activation extents of the two precursors may be
attributed to their different reactivity with HO• and RCS•, for example, BA has a high
reactivity with both HO• and Cl•, while NB mainly reacts with HO• [7,34]. In terms of
specific DBP species, after 60 s MPUV/chlorine and post-chlorination, BA mainly formed
18.71–18.72 µg THMs/mg C, 13.73–27.47 µg HAAs/mg C, and 0.53–1.28 µg HALs/mg C,
while NB produced 4.00–5.22 µg THMs/mg C, 1.74–4.52 µg HALs/mg C, and
7.41 µg TCNM/mg C. Prior study found that HO• can convert BA to salicylic acid,
which is more chlorine-reactive and was considered as an important HAA and/or HAL
precursor [35,36]. Nitrobenzene would be converted to nitrophenol during the reaction
with HO•, and nitrophenol further generated DBPs, such as THMs, HALs, and TCNM
by chlorination [35]. Among them, the significant promotion of TCNM formation due to
MPUV/chlorine oxidation of NB in this study is consistent with the previously reported
finding that UV/chlorine treatment may potentially lead to increased TCNM formation of
nitrogenous precursors [37], which needs to be of concern.
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Figure 2. The formation of 4THM, 9HAA, 4HAN, 2HAL, and TCNM during the 1 min short-term
oxidation and 24 h post-chlorination from two inert benzene derivatives. Short-term oxidation condi-
tions: Chlorine dose = 10 mg chlorine/L, pH = 6.0 or 8.0, [model benzene precursors]0 = 3 mg-C/L,
UV fluence rate = 10 mW/cm2, [bromide]0= 1 mg/L. Post-chlorination conditions: pH = 8.0,
chlorination time = 24 h, chlorine residual = 1.0 ± 0.4 mg/L, dark, 22 ◦C.

3.2.2. Effects of Bromide on DBP Formation from Inert Benzene Precursors

The coexisting Br− in water would react rapidly with HOCl to form HOBr
(Reaction 1) [38] and potentially further generate Br−DBPs due to the bromination re-
action between HOBr and organic matter [39]. During MPUV/chlorine oxidation, HOBr
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photolysis would generate reactive bromine radicals (RBS) and HO• (Reaction 2) [40], and
on the other side would consume HO• via Reaction (3) [33]. Nevertheless, the coexistence of
bromide may affect the composition of radical species during the MPUV/chlorine treatment.
The effect of bromide on the DBP formation of BA and NB in the MPUV/chlorine-treated
system was shown in Figure 3. For BA, the coexisting bromide slightly promoted the produc-
tion of DBAA and BCAA during dark chlorination and post-chlorination. With UV on, the
coexisting bromide significantly increased the production of Br−THMs (DBCM and TBM) and
Br−HAAs (DBAA and BCAA) by 10.34–14.42 µg/mg C and 4.30–5.33 µg/mg C, respectively,
although this caused a minor change in the total DBPFP. Similarly, the coexisting bromide
caused rare Br−THM formation of NB in the dark, while, with UV on, this promoted
the formation of 3.40–3.58 µg DBCM/mg C and 6.83–8.71 µg TBM/mg C, respectively.
This promotion effect was probably attributed to the reaction between RBS/HOBr and
precursors/intermediates [33].

HClO + Br− → HOBr + Cl− (R1)

HOBr uv→ HO• + Br• (R2)

HOBr + HO• → BrO• + H2O (R3)
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Figure 3. The formation of THMs (a) and HAAs (b) during the 1 min short-term oxidation and
after 24 h post-chlorination from two inert benzene derivatives. Short-term oxidation conditions:
Chlorine dose = 10 mg chlorine /L, pH = 6.0 or 8.0, [model benzene precursors]0 = 3 mg-C/L,
UV fluence rate = 10 mW/cm2, [bromide]0= 1 mg/L. Post-chlorination conditions: pH = 8.0,
chlorination time = 24 h, chlorine residual = 1.0 ± 0.4 mg/L, dark, 22 ◦C.

The BSFs of THMFP and HAAFP under different treatment conditions were shown in
Table 4. Turning on UV increased BSFTHMs of BA and NB from 1.79–1.85 and 1.76–2.00 to
1.93–2.03 and 2.45–2.55, respectively, and BSFHAAs from 0.73–1.00 and 0.00 to 0.81–1.04 and
0.00–0.48, respectively, compared with dark chlorination. This trend was more significant
under pH 6 than pH 8. Overall, the effect of coexisting bromide on BSFTHMs was greater
relative to BSFHAAs, which is consistent with the reported bromide effect on actual water
and model amino acid precursors in prior UV/chlorine studies [17,41].
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Table 4. Bromine incorporation factors of THMs and HAAs from the seven benzenes under the following
conditions: Chlorine dose = 10 mg Cl2/L, pH = 6.0 or 8.0, [model benzene precursors]0 = 3 mg-C/L,
UV fluence rate = 10 mW/cm2, [Br−] = 1 mg/L.

Benzene Derivatives Cl/Br(mg/mg-C) UV/Cl/Br(mg/mg-C)

PH6 PH8 PH6 PH8

THM HAA THM HAA THM HAA THM HAA

BA 1.85 0.73 1.78 1.00 2.03 0.81 1.93 1.04
NB 1.76 0.00 2.00 0.00 2.55 0.48 2.45 0.00
PN 1.13 0.74 1.19 0.77 1.33 0.75 1.26 0.78
RSC 0.28 1.08 0.33 1.04 0.56 1.10 0.47 1.06

2-MCP 1.25 0.38 1.33 0.34 1.47 0.44 1.51 0.47
4-MCP 1.30 0.26 1.20 0.27 1.44 0.28 1.33 0.28

2,4,6-TCP 1.39 0.29 1.21 0.28 1.52 0.35 1.23 0.35

3.3. Effect of MPUV/Chlorine Oxidation on DBP Formation from Reactive Benzene Precursors
3.3.1. Effect of MPUV/Chlorine Oxidation on DBP Formation from Reactive Benzene
Precursors without Bromide

The DBP formation during chlorination of the contained phenolic compounds first
reacted with benzene ring to form chlorine substitution products, and then disinfection
by-products, such as trihalomethanes and haloacetic acids through ring opening and
hydrolysis [42]. The DBP formation and DBPFP of five highly chlorine-reactive benzene
derivatives were shown in Figure 4. As a significant DBP precursor with high chlorine-
reactivity, RSC formed 29.81–73.14 µg THMs/mg C and 1.68–1.96 µg HAAs/mg C during
60 s dark chlorination, and 356.82–422.99 µg THMFP/mg C, 29.71–47.41 µg HAAFP/mg
C, and 3.05–4.12 µg HALFP/mg C after post-chlorination. The values were comparable
to the reported DBPFP of RSC [43]. Turning on UV showed no significant effect on its
60 s short-term DBP formation or its DBPFP. This is consistent with UV/chlorine-induced
changing trends of its chlorine demand (Table 4), indicating that UV/chlorine would not
likely accelerate or increase DBP formation of precursors with extremely high chlorine
reactivity and fast chlorination rate. Similar DBP changing trends were also observed in
our previous work on active amino acid-type precursors [41]. For DBP species, HAAFP
increased by 62.84–91.77 µg/mg C probably at the expense of decreased THMFP (by
89.56–106.43 µg/mg C).

The four slow DBP precursors showed very limited DBP formation (0–44.88 µg/mg C)
during the 60 s dark chlorination but high DBPFP (474.95–1071.96 µg/mg C) after post-
chlorination. Their DBPFP increased with the number of chlorine substitutions on the
benzene ring; 2,4,6-TCP had the highest DBPFP, followed by 2-MCP and 4-MCP, and PN
the lowest. Turning on UV accelerated their DBP formation within 60 s, while it showed
a minor effect or even slight deactivation on their DBPFP. For example, the 60 s DBP
formation of 2,4,6-TCP increased from 44.88 to 37.07 µg/mg C, while its DBPFP slightly
decreased from 1071.96 to 862.11 µg/mg C, with a more significant effect at pH 6.0 than at
pH 8.0. For the variation of individual DBP species, short-term THM and HAA formation
in the reactor increased from 0 to 12.01–15.82 µg/mg C and 24.28–28.33 µg/mg C, respec-
tively, due to UV/chlorine oxidation, whereas the HAAFP and HALFP increased from
377.72 and 2.03 µg/mg C to 899.08 and 37.07 µg/mg C, respectively, along with THMFP
decreasing from 270.01 to 41.17 µg/mg C. The enhanced HAA and/or HAL formation
has been previously observed in HO•-based AOP systems [44,45]. Generally, the effect
of UV/chlorine under acidic pH conditions was stronger than under basic conditions,
which indirectly reflected the greater contribution of HO• and/or Cl• than ClO• to the
DBP changes. Previous studies on the mechanism of radical action also found that the
reaction mechanism of HO• and Cl• which were dominant radicals under acidic conditions
is mainly an addition and electron transfer, while the ClO• with relatively high concen-
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trations under alkaline conditions is mainly an electron transfer, and thus may lead to a
relatively smaller effect on DBP production under alkaline conditions [14,46–48].
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Figure 4. The formation of 4THM, 9HAA, 2HAL, and TCNM during the 1 min short-term oxidation
and 24 h post-chlorination from five active benzene derivatives. Short-term oxidation conditions:
Chlorine dose = 10 mg chlorine/L, pH = 6.0 or 8.0, [model benzene precursors]0 = 3 mg-C/L,
UV fluence rate = 10 mW/cm2, [bromide]0= 1 mg/L. Post-chlorination conditions: pH = 8.0,
chlorination time = 24 h, chlorine residual = 1.0 ± 0.4 mg/L, dark, 22 ◦C.

Above all, MPUV/chlorine-induced DBP changes in the five active precursors were
generally consistent with the corresponding changes in their chlorine consumption. The
results indicated that MPUV/chlorine oxidation would not likely contribute to higher
DBPFP or chlorine demand for active precursors, although it may accelerate the DBP
formation rate of these slow DBP precursors.

3.3.2. Effect of Bromide on DBP Formation from Reactive Benzene Precursors

The effect of bromide on the THM and HAA formation of the five active benzenes
was shown in Figures 5 and 6. Generally, the presence of bromide increased the overall
DBPFP of the five precursors due to the formation of bromide-contained DBPs during
dark chlorination. Turning on UV showed an insignificant impact on the overall DBP
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changing trend in bromide-spiked systems although this caused varied DBP changing
extents relative to non-bromide systems. Specifically, for PN and RSC, in the presence
of bromide, minor brominated THMs/HAAs were formed within 60 s with UV on or
off, while for the three Cl-substituted phenol precursors, bromide coexistence promoted
brominated THM and HAA formation especially with UV on, indicating the possible
contribution of RBS to the halogenation of Cl-substituted phenol precursors. Neverthe-
less, UV/chlorine may accelerate the brominated DBP formation for certain chlorine-
substituted benzene precursors. However, after post-chlorination, the presence of bromide
consistently increased their THMFP and HAAFP under dark conditions, and turning on
UV did not further promote brominated DBP formation compared with the dark con-
trol. For example, for 2,4,6-TCP, turning on UV increased the production of THMs and
HAAs in 60 s in the presence of bromide from 0.00 µg/mg C and 2.30–2.30 µg/mg C to
17.55–32.35 µg/mg C and 16.26–18.53 µg/mg C, but slightly decreased its THMFP and
HAAFP by 175.68–212.62 µg/mg C and 125.44–134.39 µg/mg C, respectively.
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Figure 6. The formation of 9HAA during the 1 min short-term oxidation and 24 h post-chlorination from
five active benzene derivatives. Short-term oxidation conditions: Chlorine dose = 10 mg chlorine/L,
pH = 6.0 or 8.0, [model benzene precursors]0 = 3 mg-C/L, UV fluence rate = 10 mW/cm2,
[bromide]0 = 1 mg/L. Post-chlorination conditions: pH = 8.0, chlorination time = 24 h, chlorine
residual = 1.0 ± 0.4 mg/L, dark, 22 ◦C.

The BSFTHMs and BSFHAAs of the five precursors under different treatment con-
ditions were shown in Table 4. UV/chlorine oxidation increased the BSFTHMs of PN,
RSC, 2-MCP, 4-MCP, and 2,4,6-TCP from 1.13–1.19, 0.28–0.33, 1.25–1.33, 1.20–1.30, and
1.21–1.39, to 1.26–1.33, 0.47- 0.56, 1.47–1.51, 1.33–1.44, and 1.23–1.52, respectively. In con-
trast, BSFHAAs remained almost unchanged. This was basically consistent with the BSF
changing trends of the two inert benzene precursors in Section 3.2.2, further reflecting the
effect of MPUV/chlorine on brominated THM formation in bromide-contained systems.

3.4. Relationship between MPUV/Chlorine-Induced Chlorine Demand Changes and Corresponding
DBPFP Changing Trends of Model Precursors

To help in the prediction of MPUV/chlorine-induced changing trends in treated
water’s DBPFP (∆(DBPFP)), the linear correlation between the change in chlorine demand
(∆(chlorine demand)) of the seven model precursors and their DBPFP changes (∆(DBPFP))
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was fitted and shown in Figure 7. A positive correlation was observed in the seven
precursors’ ∆(chlorine demand) and their ∆(DBPFP) under each treatment condition, with
R2 values distributed between 0.70 and 0.86. Therefore, considering that the measurement of
chlorine demand is more convenient and cost-effective than DBPFP, the change in chlorine
demand may be considered as a potential indicator to predict the effect of MPUV/chlorine
AOP treatment on treated water’s DBPFP and help in the determination of whether the
process may pose a potential threat to DBPFP.
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AOP oxidation.

4. Conclusions

In this paper, the relationship between the DBP changing pattern and the structural
characteristics of precursors was investigated by evaluating MPUV/chlorine oxidation-
induced alteration of DBP formation and DBPFP from seven model benzene precursors
containing different substituents. According to the results in this study, for the two inert
precursors with low chlorine demand, MPUV/chlorine activated them and increased their
chlorine demand and DBPFP, with the activation more significant under acidic conditions.
In contrast, for active DBP precursors, MPUV/chlorine showed no significant effect or
even exhibited slight deactivation on their DBPFP. For the benzene precursors with low
chlorination rate but high chlorine demand, MPUV/chlorine accelerated their chlorine
consumption and DBP formation rates, but did not further increase their chlorine de-
mand or DBPFP. For bromide-spiked samples, the results showed that bromide addition
consistently increased their THMFP and HAAFP under dark conditions, and turning on
UV did not further promote brominated DBP formation compared with the dark control.
Bromide caused significant increases in BSFTHMs of the seven substances, which should be
of concern. MPUV/chlorine-induced changes in the seven precursors’ chlorine demand
was linearly correlated to their DBPFP changes, indicating that ∆(chlorine demand) may be
considered as a potential indicator in the prediction of the changing trends of DBPFP for
MPUV/chlorine-treated water.
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tonitriles; DCAN, dichloroacetonitrile; BCAN, bromochloroacetonitrile; DBAN, dibro-
moacetonitrile; TCAN, trichloroacetonitrile; HALS, haloacetaldehydes; DCAL, dichloroac-
etaldehyde; CH, trichloroacetaldehyde; TCNM, trichloronitromethane; RCS, reactive chlo-
rine species; NOM, natural organic matter; PN, phenol; RSC, resorcinol; BA, benzoic
acid; NB, nitrobenzene; 2-MCP, o-chlorophenol; 4-MCP, p-chlorophenol; 2,4,6-TCP, 2,4,6-
trichlorophenol; MTBE, methyl-tert-butyl ether; UFC, uniform formation condition; BSFs,
bromine substitution factors.
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Abstract: This work aimed to demonstrate Cu2O/Al2O3 as a catalyst of the photo-Fenton process
in the UV and visible spectra. Cu2O nanoparticles were synthesized by laser ablation in liquid and
supported on Al2O3. The catalytic activity of the resulting solid was assessed in the mineralization
of bisphenol A (BPA). The studied variables were type of Al2O3 (α and γ), Cu content (0.5 and 1%),
and H2O2 concentration (1, 5, and 10 times the stoichiometric amount). The response variables
were BPA concentration and total organic carbon (TOC) removal percentage. The presence of Cu2O
nanoparticles (11 nm) with an irregular sphere-like shape was confirmed by transmission electron
microscopy (TEM) and their dispersion over the catalytic surface was verified by energy-dispersed
spectroscopy (EDS). These particles improve ·OH radical production, and thus a 100% removal of
BPA is achieved along with ca. 91% mineralization in 60 min. The BPA oxidation rate is increased
one order of magnitude compared to photolysis and doubles that for H2O2 + UV. An increase of
40% in the initial oxidation rate of BPA was observed when switching from α-Al2O3 to γ-Al2O3.
4-hydroxybenzaldehyde, 4-hydroxybenzoic acid, acetaldehyde, and acetic acid are the BPA oxidation
by-products identified using LC/MS and based on this a reaction pathway was proposed. Finally, it
was also concluded that the synthesized catalyst exhibits catalytic activity not only in the UV spectrum
but also in the visible one under circumneutral pH. Therefore, Cu2O/Al2O3 can be recommended to
conduct a solar photo-Fenton reaction that can degrade other types of molecules.

Keywords: BPA degradation; photo-Fenton; nanocomposite catalysts; bisphenol A mineralization;
solar photo-Fenton

1. Introduction

Bisphenol A (BPA) is ubiquitous in the environment. Potential sources of human
exposure to bisphenol A are air, water, soil, sediments, indoor dust, and human tissues.
Bisphenol A is an emerging environmental contaminant. The continuous release of bisphe-
nol A into the environment results in the continuous exposure of both plant and animal
life to it. Furthermore, BPA has been determined to be an endocrine disruptor chemical,
potentially associated with numerous diseases such as breast cancer, infertility, cognitive
dysfunction, diabetes, cardiovascular diseases, and obesity. As a response to these con-
cerns, several countries have banned the use of BPA in various consumer products. The
abovementioned effects of BPA on human health and the environment prompted us to
choose it as the research object in the present work and develop the method presented here,
which can be used to remove or minimize its presence [1,2].

There are various techniques to remove pollutants from contaminated streams; these
include adsorption [3,4], biodegradation, and thermal destruction, among others. However,
these methods also have important disadvantages, such as only transferring the pollutant
from one material to another, high energy requirements, and slow process. In this con-
text, advanced oxidation processes (AOPs) are known to be highly efficient in removing
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organic contaminants from water, the Fenton process being one that has been extensively
studied [5]. However, the Fenton reaction takes place in highly acidic conditions, and iron
salts are dissolved to produce the desired ·OH radicals. Evidently, the disadvantages of
this technique are the loss of the iron catalyst (homogeneous catalysis) as well as the need
to reverse the pH to an acceptable level after the reaction. This is usually conducted by the
addition of HCl, which indicates a new problem—the increase of purification cost.

Therefore, different AOPs have been developed to overcome these disadvantages, in-
cluding ozonation [6–8], heterogeneous catalysis/photocatalysis [9,10], bioprocesses [11–13],
and Fenton-like reactions [14–16]. Among these methods, the heterogeneous photo-Fenton-
like is a promising one. It has the advantages of re-using catalysts and can be conducted at
circumneutral pH. Here, the generation of the ·OH radicals is due to the presence of H2O2,
UV light, and the metal ion that is capable of facilitating the radical production.

The degradation of bisphenols using Fenton-like processes has been studied exten-
sively in recent years, and several methods have been proposed, including sono-photo-
Fenton [17] and photo-Fenton using UV [18–24] and visible radiation [10,25,26]. Further-
more, the use of metallic nanoparticles in Fenton-like reactions has also been studied
recently, with iron being the most-used metal [6,8,15,27–33]. Copper has also been used
but to a much lesser extent [34,35], and its use in the degradation of bisphenols has been
barely assessed [18,36]. Therefore, copper was elected in this work because of its potential
as a Fenton-like reactant and due to the very little information regarding its use in the
degradation of bisphenols.

Metallic and Cu oxide nanoparticles can be produced by several methods. In this work,
Cu2O nanoparticles were produced via laser ablation in liquid (LAL). LAL is a physical
method that can produce nanoparticles from a pure metal target immersed in a liquid
medium. In short, a high-energy pulsed laser is focused on the surface of the target, the
material is abruptly heated, and plasma is formed. Subsequently, the plasma condenses
in the form of nanoparticles inside the liquid [37]. The main advantage when using LAL
is that the obtained nanoparticles are free from any chemical by-products [38,39]. This is
relevant to catalytic applications because the surface contamination-free nanoparticles are
readily available to interact with the chemical species in the reaction of interest.

This work aimed to investigate the effect of the amount of H2O2 and the amount of
Cu incorporated in the catalysts in the degradation of BPA via a photo-Fenton-like reaction
using two types of commercially available Al2O3. This is a well-known catalytic support
that is relatively low-cost, with no environmental issues. From an engineering point of
view, the support of nanoparticles is desirable to ease the catalyst separation. Other Cu
composites have been used successfully to this purpose [18].

2. Materials and Methods
2.1. Cu Nanoparticle Preparation and Characterization

A Continuum Surelite II laser system was used at a wavelength of 1064 nm, pulse
duration of 6 ns, and repetition rate of 10 Hz. The metal used was a 2.5 cm diameter Cu
target (99.99% purity, J.K. Lesker Co., Jefferson Hills, PA, USA). The liquid medium was
deionized water. The full procedure has already been published in previous works. In
short, 5 mL of water was added to a Pyrex glass containing the Cu target and irradiated for
the time necessary to produce the required amount of Cu nanoparticles (about 20 min). The
energy output from the laser system was 90 mJ/pulse. The amount of nanoparticles was
calculated from the weight difference of the target before and after the laser ablation process.
A JEOL JEM-2100 transmission electron microscope (TEM) was used to study the size and
shape of the nanoparticles. The same equipment was used to perform high-resolution TEM
(HRTEM) to elucidate the crystal structure and metallic state of the nanoparticles.

2.2. Catalyst Preparation and Characterization

Two types of alumina (Al2O3) were used in this work to study the possible effects of
the crystalline phase and the size and shape of the alumina powder on BPA degradation

38



Water 2022, 14, 3626

efficiency. Powders of α-Al2O3 and γ-Al2O3 (Sigma Aldrich, Burlington, MA, USA, 99%
purity, 1–10 µm particle size) were used. Both types of alumina were treated prior to the
addition of the nanoparticles with a solution of 1M NaOH (Sigma-Aldrich) at 60 ◦C for 1 h
to improve the interaction with the Cu nanoparticles. After that, the alumina was dried and
added to the Cu nanoparticle colloid and stirred for 1 h. Finally, the water was evaporated
at 80 ◦C to obtain the dried Cu/Al2O3. The Cu concentrations used in this study were
0, 0.5, 1, and 2% weight percentages. The catalysts were studied using scanning electron
microscopy (SEM), and a JEOL JSM-6510LV with an energy-dispersive X-ray spectroscopy
(EDS) probe attached to it to confirm the presence of the Cu nanoparticles on the surface of
the catalyst.

2.3. BPA Degradation Procedure

The BPA degradation was studied using a photo-Fenton-like reaction in an annular
batch reactor with 50 mL of reaction volume. The UV irradiation was performed with a
monochromatic lamp with an emission of 254 nm that was placed at the center of the reactor.
All the reactions were carried out at a constant temperature of 26 ◦C, controlled with a
water bath. The pH was not adjusted at any time and the initial pH was 6.7. The amount
of catalyst was 10 mg for all experiments, and only the Cu nanoparticle concentration in
the catalyst was varied, as mentioned above. The catalyst was added to the BPA solution
(initial BPA concentration = 50 mg/L) and dispersed throughout the reaction via magnetic
stirring. Finally, hydrogen peroxide was added to the reaction system right before the
UV lamp was turned on. The amount of peroxide was varied by 1, 5, and 10 times the
stoichiometric amount according to the total BPA mineralization reaction.

To establish the activity of the catalyst under visible light, the same aforementioned
procedure was followed, but instead of using a 254 nm wavelength lamp, the reactor was
surrounded by 4 lamps emitting light with a wavelength λ > 400 nm; 3 were placed at the
perimeter of the reactor while a fourth one was placed on top of it. The lamps were TL5
Essential 14W/840, Philips Lighting.

2.4. Analytical Methods

Aliquots were taken from the reactor at regular times and centrifuged in capillary
electrophoresis (CE) vials to gather the amount of catalyst in the bottom of the vial. It is
important to mention that a test reaction with no UV light (only hydrogen peroxide and
catalyst) was performed and no BPA degradation was registered over 1 h of reaction; there-
fore, it is safe to assume that even though there might be a very small amount of catalyst in
the extracted aliquots there was no reaction taking place during the analytical procedures.

Capillary electrophoresis (CE) was used to study the degradation of BPA. A Beck-
man P/ACE System MDQ capillary electrophoresis unit was used for all CE analysis. A
polyimide-coated silica capillary (50 mm long, 50 µm inner diameter) was used inside a
cartridge configured for UV detection. BPA was detected via direct absorbance at 214 nm,
25 kV normal polarity, and a constant temperature of 25 ◦C. Before each sample injection,
the capillary was rinsed with a 0.1 M NaOH solution for 5 min, with deionized water
for 5 min, and with the run buffer for 8 min. The run buffer was a sodium dodecyl
sulfate—tetrahydrate sodium borate (20 mM–60 mM, respectively) aqueous solution with
a pH of 9.5.

Total organic carbon (TOC) measurements were performed after 20, 40, and 60 min
of reaction in all cases to determine the mineralization percentage reached in each case. A
TOC-VCSH analyzer (Mendel Scientific, Houston, TX, USA) was used for this purpose. The
samples were sparged for 2 min with dried air to remove inorganic CO2 from the ambient
prior to the catalytic oxidation at 680 ◦C.

Liquid chromatography coupled with mass spectroscopy (LC/MS) was used to deter-
mine the possible oxidation intermediates at the end of the BPA degradation reactions. For
this purpose, an HPLC system (Agilent Series 1200) was used, coupled with an LC/MS
Q-TOF mass spectrometer (Agilent 6530) equipped with an electrospray ionization (ESI)
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source (gas temperature, 350 ◦C; drying gas, 8 L/min; nebulizer, 10 psig; sheath gas tem-
perature, 350 ◦C; sheath gas flow, 8 L/min; Vcap, 3500 V). The analyses were carried out
in the positive ion mode and the mass spectra were collected between 40 and 250 m/z.
A sample volume of 10 µL was injected into the liquid chromatograph with a flow rate
of 0.5 mL/min. Separation was achieved in a Zorbax Extend-C18 column (Agilent, Mis-
sissauga, ON, Canada) at a constant temperature of 25 ◦C. The mobile phase had two
components: Component A was pure LC/MC-grade water with a pH of 2 adjusted with
phosphoric acid, and Component B was pure methanol. A gradient elution referred to
Component B (%) was used: 0% for 15 min, 60% for 1 min, 40% for 5 min, and finally 0%
for 9 min.

To determine the concentration of H2O2 over time, a colorimetric method was ap-
plied [40]. More details about this technique can also be found in [41]. A spectrophotometer
was used to determine the absorbance of samples at 408 nm, where maximum absorbance
was observed.

3. Results
3.1. Cu Nanoparticles and Catalyst Characterization

Figure 1a shows the TEM image of a typical sample of Cu2O nanoparticles produced
by LAL. The particles have an average size of 11 nm and an irregular sphere-like shape. To
determine the chemical state and crystalline phase of the nanoparticles, high-resolution
TEM (HRTEM), as seen in Figure 1b, and electron diffraction (Figure 1c) were performed.
The interplanar distance from the HRTEM image is 0.24 nm, which can be ascribed to the
111 plane in the crystalline phase of Cu2O according to the JPCDS 01-075-1531 card. To
corroborate this, Figure 1c shows the diffraction rings that correspond to the 110, 111, 200,
and 211 planes of Cu2O. It is important to note that even though the target was pure Cu,
Cu2O nanoparticles were obtained, which means that the particles oxidize when in contact
with water or air after being produced by laser ablation.
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Figure 1. TEM image (a), HRTEM (b), and electron diffraction pattern (c) of the Cu2O nanoparticles
obtained via laser ablation in liquid.

EDS was conducted to determine the presence of Cu2O nanoparticles on the surface
of the alumina particles. Figure 2a,b show the SEM and Cu mapping for the 1% Cu/α-
Al2O3 catalyst. As can be seen, Cu is uniformly present throughout the sample. The same
observations are true for the 1% Cu/γ-Al2O3 catalyst (Figure 2c,d) as well as for the rest
of the prepared catalyst (not shown). Having the Cu2O nanoparticles all over the catalyst
surface is very important because they can achieve their function more efficiently during
the BPA degradation process, which will be further discussed in a later section.
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3.2. BPA Degradation Results

The degradation of BPA using UV light only, UV/H2O2, and UV/H2O2/catalyst was
tested to assess the possible contribution of each component in the reaction. It can be
observed in Figure 3 that all the experiments led to BPA degradation, with differences in the
rate and level of degradation achieved. With direct photolysis it was possible to degrade
BPA to a concentration of 22.5 ppm. When H2O2 was added to the reaction (10 times the
stoichiometric amount of the complete mineralization reaction), the BPA concentration was
as low as ~1 ppm for the same reaction time (15 min), which means that almost complete
degradation was reached. This considerable effect was achieved because it is known that
UV light is able to form ·OH radicals from H2O2 (reaction 1 in Scheme 1). However, when
the catalysts were added to the reaction, the complete BPA degradation occurred at shorter
times. By comparing the initial BPA reaction rates (−rBPA,o) reported in Table 1, it can be
concluded that the two types of Cu2O/Al2O3 catalyst show a similar behavior, γ-Al2O3
being better than α-Al2O3 by about 40%. This initial reaction rate corresponds to the first
minute of reaction, where the hydroxyl radicals are being mainly consumed by BPA; after
this reaction time, it can be observed in Figure 3 that there was a change in the slope of the
BPA concentration profiles of the heterogeneous processes. This change can be ascribed to
the competition of the oxidation by-products with the BPA for hydroxyl radicals. It can
also be observed in Table 1 that the initial BPA oxidation rate aided by the catalyst was
one order of magnitude higher than that with UV and hydrogen peroxide and with UV
only. Table 1 also presents the pseudo-first order kinetic constants for each process; it can
be observed that the specific rate constant for α-Al2O3 was about 70% higher than that
obtained with UV/H2O2 and was more than twice that when the support was γ-Al2O3.
Although the determination coefficient, R2, is still reasonably good for the heterogeneous
process, it can be observed that is not as good as for the homogeneous case. This could be
ascribed to not incorporating in an explicit way the competition of the organic molecule
with the catalyst for the photons in the applied kinetic power law model [42].
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Table 1. Percent of BPA mineralization, initial BPA oxidation rate (−rBPA,o), pseudo-first order kinetic
constant (k), and determination coefficient (R2) under different experimental conditions.

BPA Mineralization Percentage (%)

Time (min) Photolysis
(UV Only) UV + H2O2

UV + H2O2 +
1% Cu2O/α-Al2O3

UV + H2O2 +
1% Cu2O/γ-Al2O3

20 2.4 17.5 19.6 24.4
40 4.7 50.5 70.1 79.6
60 7.1 80.9 86.5 90.7

Kinetic Parameters and Determination Coefficient

−rBPA,o
(molBPA/L·min) 1.09 × 10−5 1.23 × 10−5 1.09 × 10−4 1.4 × 10−4

k (min−1) 0.074 0.1982 0.3432 0.4511
R2 0.991 0.9969 0.9874 0.9685
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In these cases, the Cu+ ion plays a crucial role in the reaction, because the OH radicals
can also be formed from the Cu ions in a similar way that Fe ions can form these radicals in
a conventional Fenton reaction. Cu+ can react with H2O2 to form OH and −OH radicals
(reaction 2 in Scheme 1 [43–45]), and it is well-known that the OH radicals are the main
responsible for complete mineralization of BPA through reaction 3 in Scheme 1 [46–48].

Figure 3 shows BPA degradation based solely on the BPA peak intensity measured in
the CE electropherograms; however, it is not enough to determine the extent of complete
mineralization of the molecule. For this purpose, Table 1 shows the TOC results for the
same set of experiments. As expected, all the experiments show different mineralization
values, following the tendency from Figure 3. The lowest mineralization achieved after
1 h of reaction was for the experiment when only UV light was used. This is in agree-
ment with other reports where the activation of the BPA molecule by UV light has been
suggested [48]. On the other hand, the highest mineralization was reached when the
catalyst with Cu2O nanoparticles was used. Therefore, the synthesized catalyst enhances
reaction 2 (Scheme 1) in a way that not only hastens BPA degradation, but it also aids the
degradation of intermediates until complete mineralization.

Figure 4 shows the consumption of hydrogen peroxide during three processes: when
only adding BPA (BPA + H2O2); when adding BPA, UV light, and H2O2; and when the
catalyst was added to this system. In the first case, there was no consumption of H2O2,
and this in agreement with the BPA concentration profiles under these conditions. When
the BPA + H2O2 was irradiated with UV light, an important consumption of H2O2 was
observed (red dots); this was from its decomposition, as shown in Scheme 1. However,
when the catalyst was added, 1500 mg/L of H2O2 were consumed within the system, which
was significantly higher than the H2O2 consumed when the catalyst was absent. This is
evidence of BPA oxidation occurring via the hydroxyl radicals produced in reactions 1 and
2 (see Scheme 1) as reported by [48]. Nevertheless, because of the narrow Cu2O bandgap, a
photocatalytic effect of the cupreous oxide cannot be ruled out [18]. It is worth noticing
that the radicals produced are not only consumed in the degradation of BPA but also in the
oxidation of the by-products.
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Figure 4. Hydrogen peroxide consumption profiles of BPA alone (BPA + H2O2), BPA and UV light
(BPA + UV + H2O2), and by BPA, UV light, and Cu/Al2O3 (BPA + UV + Cat + H2O2).

Scheme 2 depicts a plausible BPA degradation pathway via hydroxyl radicals. The
identification of acetic acid, acetaldehyde, 4-hydroxybenzaldehyde, and 4-hydroxybenzoic
acid was possible by means of LC/MS.
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Scheme 2. Degradation of bisphenol A by a photo-Fenton reaction catalyzed by Cu2O/Al2O3:
proposed reaction pathway.

Because the proposed degradation pathway is via hydroxyl radicals, it is expected
to observe some similarities with other reported proposals. The first step expected is a
hydroxyl radical attack of the electron-rich carbon positions. According to calculations
made by [46], such positions correspond to C3 and C8. The calculated frontier density for
these positions was 0.206 and 0.207, respectively. The hydroxyl radical attack of C3 may
actually lead to 4-hydroxybenzaldehyde, which was identified in this work by LC/MS.
It is worth pointing out that, in the context of BPA oxidation by hydroxyl radicals, this
intermediate has only been identified in the photocatalytic process conducted by [46]. The
hydroxyl radical attack of the electron-rich positions also leads to the appearance of the
phenyl group [47] that undergoes hydroxylation to form hydroquinone. According to
the literature, benzoquinone is then produced via hydroquinone dehydrogenation. Then
the ring opens from further attack by hydroxyl radicals [41,47], and acetaldehyde and
acetic acid appear. It is worth noting that, as in other reports, other intermediates could be
present at the end of the reaction; however, they were not detected, most likely because the
concentration was lower than the detection limit.

Scheme 3 depicts the three plausible structures of BPA depending on pH. This directly
impacts the observed intermediates and the efficiency of the process. In this work, the
initial pH was 6.7 (BPA is a weak organic acid) and it only went down to around 6.3 at
the end of the experiments. Therefore, structure (A) in Scheme 3 is the one reacting in the
studied system.
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3.3. Effect of H2O2 Concentration

From the previous results it is clear that H2O2 is important for the degradation of BPA,
and three different concentrations of this component were tested with only UV light and
no catalyst. The assessed concentrations were 1 time (1X), 5 times (5X), and 10 times (10X)
the amount of H2O2 theoretically needed according to the stoichiometry of the complete
mineralization reaction of BPA. It can be seen in Figure 5 that the lowest degradation
occurred when using 1X H2O2. On the other hand, there seems not to be a considerable
difference between the 5X and 10X cases, and it could be safely assumed that it is practically
the same to use 5X or 10X of H2O2. However, the TOC results in Table 2 indicate that
the mineralization achieved with 10X of H2O2 was considerably higher. This means that
the rate of BPA degradation was very similar, but in the case of 10X the extra H2O2 was
reacting to degrade the intermediates faster.
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Table 2. Percentage of BPA mineralization under different H2O2 concentrations and UV light. CBPA,o

= 50 mg/L, pHo = 6.7, Wcat = 0.0 g/L.

Time (min) 1X H2O2 5X H2O2 10X H2O2

20 2.3 16.8 17.5
40 15.5 25.1 50.5
60 20.6 50.0 80.9

It is worth pointing out that H2O2 was also being generated within the system by
means of reactions 4, 5, and 6 [43,49], depicted in Scheme 1. This is plausible because of
the highly energetic lamp that was being used. Figure 6 shows the H2O2 generation under
different operating conditions. It can be observed that the accumulated amount of H2O2
with the lamp after 60 min was about 1.75 mg/L. It is worth clarifying that this was only
part of the generated amount since there was a fraction being dissociated by UV light.
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3.4. Effect of Cu2O Concentration on the Catalyst

Based on the results from the previous section, γ-Al2O3 was elected as the support
material to study the effect of Cu2O concentration on the degradation of BPA. Figure 7
shows the BPA degradation for γ-Al2O3 catalysts with different quantities of Cu2O added.
As can be seen, when pure γ-Al2O3 was used without Cu2O nanoparticles, the degradation
curve was very similar to the case of H2O2 + UV light (Figure 5), which means that the γ-
Al2O3 acted only as a support for Cu2O nanoparticles and did not contribute to any catalytic
function, nor hinder the reaction. On the other hand, when Cu2O nanoparticles were added
to the surface of the catalyst, a faster degradation of BPA was observed. This reinforces
the hypothesis that the Cu2O nanoparticles help degrade the BPA by creating ·OH groups
via mechanisms such as the one proposed in reaction 2 in Scheme 1. Furthermore, there
was no notable difference when 0.5% or 1.0% of Cu2O was added to the catalyst, since the
degradation profiles in both cases are very similar. In addition, the TOC results for these
two cases show that the final mineralization after 1 h of reaction was similar (Table 3). This
could be explained in terms of nanoparticle agglomeration on the catalyst surface: when
loading a material with nanometric nanoparticles, there is a certain concentration where
the particles start to agglomerate instead of being dispersed evenly on the surface of the
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material. If this is true, then the total surface area available on the nanoparticles does not
grow proportionally with the number of nanoparticles loaded to the material.
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Table 3. Percent of mineralization (TOC) of BPA by γ-Al2O3 with different Cu2O content.

Time (min) Pure γ-Al2O3 0.5% Cu2O/γ-Al2O3 1% Cu2O/γ-Al2O3

20 19.8 24.0 24.5
40 46.6 60.2 79.6
60 79.6 88.3 90.7

3.5. Effect of Radiation Source Wavelength

This variable was studied by using lamps emitting light in the visible spectrum
(Vis light). Figure 8 shows the effect of different reaction variables on the TOC removal
percentage after 60 min of reaction time. According to the results depicted in Figure 8, the
removal of BPA by adsorption was only 5% and the removal by interaction with hydrogen
peroxide was only 2.5% (gray bar). However, the TOC removal increased when Vis light
was added to the system, which enhanced the TOC removal up to 18%. By comparing
the results with Vis and the ones with Vis + H2O2, it can be concluded that dissociation of
H2O2 does not occur readily or does not proceed at all under visible light, and therefore the
addition of hydrogen peroxide alone under visible light does not improve TOC removal.
On the other hand, when the catalyst and hydrogen peroxide were added to the system,
the TOC removal significantly increased up to 40 and 45% for the 1% and 2 w% Cu catalyst,
respectively. This is evidence of the activity of the catalyst under visible light, which is
a desirable characteristic in a catalyst for the sake of sustainability. The activity of Cu2O
under visible light was expected due to its narrow bandgap (2.2 eV) [18].
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4. Conclusions

Cu2O nanoparticles were obtained via laser ablation in liquid (LAL) and supported on
Al2O3. This material catalyzes the photo-Fenton process to remove bisphenol A (BPA) under
UV light as well as under visible light at circumneutral pH, and the need for acidification
is eliminated. The BPA oxidation rate is one order of magnitude higher when using the
catalyst than when applying only UV light and is more than twice that achieved when
H2O2 is only dissociated by light. The BPA oxidation rate is affected by the crystalline
structure of the catalyst support, Al2O3, and the mineralization extent is directly related to
the initial H2O2 concentration. The highest mineralization percentage (ca. 91%) was found
using 1%Cu2O/γ-Al2O3, 10 times the stoichiometric amount of H2O2 at an initial pH of
6.7, and catalyst loading of 0.2 g/L.

After 1 h of treatment, the remaining compounds in solution were acetic acid, acetalde-
hyde, and in smaller quantities 4-hydroxybenzaldehyde and 4-hydroxybenzoic acid.
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Abbreviations List and Nomenclature

Abbreviations List
AOP Advanced oxidation process
BPA Bisphenol A
BPS Bisphenol S
CE Capillary electrophoresis
EDS Energy dispersive X-ray spectroscopy
HRTEM High resolution transmission electron microscopy
LAL Laser ablation in liquids
LC/MS Liquid chromatography coupled with mass spectroscopy
TEM Transmission electron microscopy
TOC Total organic carbon
SEM Scanning electron microscopy
Nomenclature
−rBPA,o Initial BPA oxidation rate
k Pseudo-first order kinetic constant
R2 Determination coefficient
CBPA,o Initial BPA concentration
pHo Initial pH
Wcat Catalyst concentration
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Abstract: Radiation modeling and kinetics in two different packed-bed reactors filled with TiO2-coated
glass rings are presented. The first reactor was cylindrical, irradiated from one end by a 150 W
mercury lamp. It was employed to obtain the values of the intrinsic kinetic parameters of the
degradation of the emerging contaminant clofibric acid (CA). The expression to represent the kinetics
of the pollutant was derived from a proposed reaction scheme, and it includes explicitly the effect of
photon absorption rate on the reaction rate. The second reactor was annular, irradiated internally and
externally by 40 UV-LED lamps. The kinetic parameters calculated in the first reactor were directly
employed to simulate the performance of the second one, without using any adjustable parameter.
The Monte Carlo method was applied to solve the radiation models in both reactors. Good agreement
was obtained between simulation results and experimental data under different operating conditions,
with a percentage root-mean-square error of 4.6%. The kinetic parameters proved to be independent
of the irradiation source, reactor geometry, and catalyst film thickness, and can be readily applied to
design real scale devices.

Keywords: photocatalysis; emerging contaminant; intrinsic kinetics; packed bed; UV-LEDs; Monte Carlo

1. Introduction

Contaminants of emerging concern (CECs) are increasingly being detected at low
levels in surface water, and there is widespread concern that these compounds may have a
negative impact on aquatic life and human health. Generally, CECs are resistant to conven-
tional biological treatment and current research is focused on the development of efficient
methods to remove them from the environment. Heterogeneous photocatalysis has proven
to be a useful technology to degrade this type of pollutant, including pharmaceuticals
and personal care products [1–3]. The photocatalytic process starts when a semiconductor,
usually titanium dioxide (TiO2), is irradiated with photons with adequate energy to excite
electrons to the conduction band, creating the electron/hole pairs. These charge carriers
can initiate oxidation/reduction reactions that degrade adsorbed contaminants and often
convert them into harmless products such as carbon dioxide, water and inorganic acids.

Despite the large number of papers available in the literature about the fundamentals
and phenomenological aspects of photocatalysis, real applications are still scarce. A possible
explanation is the lack of systematic approach for reactor design and scaling-up. Most
contributions in this area are based on empirical methodologies that involve the gradual
increase in the photoreactor size, it being a time-consuming and expensive practice [4]. A
more rational approach consists of the use of rigorous mathematical modeling, including the
derivation of kinetic expressions, evaluation of the rate of photon absorption in the reactors,
assessment of the effect of radiation absorption on the reaction rate, and resolution of mass
balances of the chemical species involved. By following this approach, intrinsic kinetic
parameters, i.e., independent of the experimental conditions, can be obtained [5–7]. This
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modeling methodology has been reported and verified for scaling-up slurry reactors [8,9],
and reactors with the catalyst immobilized over the windows [10]. The use of suspended
TiO2 is not recommended for large-scale reactors because it requires a catalyst recovery
stage at the end of the treatment. Thus, the use of the catalyst immobilized onto a support
represents a good choice in order to avoid the post-filtration step. Recently, Grcic et al. [11]
determined intrinsic kinetic parameters for the photocatalytic oxidation of oxalic and formic
acid in a slurry reactor. Then, these parameters were used to model the degradation of
the carboxylic acids in a reactor with TiO2-chitosan films immobilized on glass plates. The
six-flux absorption scattering model was used to model the radiation field in both reactors.
Results showed that the kinetic parameters can be used to represent the photocatalytic
degradation of both compounds using either suspended or immobilized photocatalyst.
Although local values of photon absorption were calculated in the reactors, the reaction rate
expressions include the average value (across the reactor volume in the slurry reactor, and
over the photocatalyst surface in the immobilized reactor). Additionally, to simulate the
pollutants degradation in the immobilized reactor, an additional parameter, the apparent
film absorption coefficient, was adjusted.

It is worth mentioning that the selection and location of the radiation source are
important features to design large-scale photocatalytic reactors [12]. UV light emitting
diodes (LEDs) have received great attention in recent years, especially due to its eco-
friendliness, long life time, energy efficiency, low cost and flexibility for integration within
a photocatalytic reactor [13].

In this work, the modeling of the photocatalytic oxidation of a CEC in two packed-
bed reactors filled with TiO2-coated glass rings is presented. Clofibric acid (CA), the
active metabolite of many pharmaceuticals employed as blood lipid regulators, was the
emerging pollutant chosen to validate the proposed methodology. The reactors have
different geometry, size, configuration, and irradiation sources. A kinetic model that
incorporates the effect of radiation absorption by the photocatalyst on the reaction rate was
established. Kinetic parameters of the degradation of CA were first estimated in a simple,
cylindrical reactor irradiated from one end by a mercury lamp. A 1-D radiation model was
employed to calculate the photon absorption distribution. Then, the intrinsic nature of
these parameters was verified by simulating the performance of an annular reactor with
a more complex configuration and illuminated by UV LEDs. In this case, a 3-D radiation
model was developed. The Monte Carlo method was applied to solve the radiation models
in both reactors.

2. Employed Strategy

The aim of this work was to validate the use of intrinsic kinetic parameters and
radiation models to predict the performance of packed-bed photocatalytic reactors. The
employed strategy involved two stages, as summarized in Figure 1.

1- Intrinsic kinetic parameters were first obtained in a simple, cylindrical reactor (CR)
irradiated from one end by a mercury lamp. To accomplish this, a kinetic model to
represent the photocatalytic degradation of the pollutant CA was developed. The
expression of the CA degradation rate includes the value of the local surface rate of
photon absorption (LSRPA or ea,s). Therefore, a 1-D radiation model was solved to
obtain the LSRPA distribution inside the reactor. Then, the mass balance of CA was set
in order to predict the evolution of the pollutant in the system. Finally, the values of
the intrinsic kinetic parameters were obtained by applying an optimization algorithm
to adjust model simulations to experimental data.

2- The second stage involved the use of the kinetic parameters found in the first reactor
to predict the performance of the second one: an annular reactor (AR) illuminated
by UV-LEDs. This task involved the resolution of the mass balance for CA, using the
kinetic expression obtained in the CR, and the calculation of the LSRPA. Due to its
particular configuration and illumination arrangement, a 3-D radiation model was
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developed to calculate the LSRPA in the AR. Finally, simulation results were compared
with experimental data in order to validate the modeling procedure.
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Figure 1. Schematic representation of employed methodology.

3. Experimental Devices

The packed-bed reactors employed in this study, which operate in batch recycling
mode, were very different in shape, configuration and irradiation conditions (source type
and distribution of the lamps). A description of the experimental devices is detailed below.

3.1. Reactors and Irradiation Sources

Cylindrical reactor: It consists of a glass tube, held horizontally, with two circular flat
windows. It was irradiated from one side by one halogenated mercury lamp (Power-
star HQI-TS 150 W/NDL from OSRAM), placed at the focal axis of a parabolic reflector
(Figure 2a). The illuminated window was made of Pyrex ground glass. The wavelength
emission range of the lamp was 350–780 nm. To avoid visible radiation, a Pyrex glass
container with a CoSO4 solution of 20 g/L was interposed between the lamp and the
reactor window. The wavelengths of the resulting radiation that arrived at the reactor
window were between 350 nm and 410 nm, as shown in Figure 3a. This reactor was filled
with 310 Pyrex glass rings of 0.5 cm (diameter) × 0.5 cm (height), in random disposition,
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coated with TiO2. The liquid entered the reactor through two bottom ports and exited from
a single port situated on top. The inlet ports were placed obliquely, creating a swirl-flow of
the liquid inside the reactor that ensured well-mixing conditions.
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Figure 2. Schemes of the photoreactors and illumination sources: (a) Cylindrical reactor; (b) Coordi-
nate system in the CR; (c) Lateral view of the annular reactor; (d) Top view of the annular reactor
without the lid; (e) Coordinate systems in the AR.

Annular reactor: This reactor was made in Pyrex glass with two concentric tubes
of different diameters, held vertically. It was irradiated with 40 UV-LEDs (Roithner
XSL-375-TF-R2) located as two parallel strips around the external and the internal walls of
the reactor. Each inner strip had 6 LEDs, and each external strip had 14 LEDs, as presented
in Figure 2c,d. The maximum emission of the LED lamps was 365 nm (Figure 3b). The
AR was filled with 900 Pyrex glass rings coated with TiO2, with the same dimensions and
disposition as reported for the CR. The reactor inlet contains a perforated plate that acts as
a distributor to ensure uniform distribution of the fluid in the packed bed.

3.2. Recycling Setup

Each reactor was part of a recycling system consisting of a peristaltic pump and a
storage tank. Each tank was fitted with a sampling port and a gas inlet through which
oxygen was constantly bubbled. Isothermal conditions (25 ◦C) were achieved by the
incorporation of a water-circulating jacket to the storage tank. A recirculation flow rate of
1.5 L/min was used in both systems.
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More details of the experimental setups and reactors can be found in references [14,15].
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Figure 3. Radiation flux at the reactor window: (a) Hg lamp; (b) UV LED.

The main characteristics of both reactors are summarized in Table 1.

Table 1. Main characteristics of the reactors.

Photoreactor

Characteristics Cylindrical Annular

Main dimensions Length = 2.75 cm
Diameter = 5.0 cm

Length = 4.0 cm
Inner diameter = 6.5 cm

Outer diameter = 10.5 cm

Reactor volume 54 mL 214 mL

Total system volume 1000 mL 600 mL

Irradiation source One mercury lamp 40 UV-LED lamps

Lamp emission range 350–410 nm 360–390 nm

Number of rings 310 900

Catalytic area 487 cm2 1414 cm2

Irradiation From one side Internal and external

Distance between lamps
and irradiated windows 33 cm Internal LEDs = 0.3 cm

External LEDs = 0.6 cm

Irradiated
window area 19.6 cm2 Inner = 81.6 cm2

Outer = 131.8 cm2

3.3. Catalyst Immobilization

Bare Pyrex glass rings were dipped into a suspension of 150 g/L of TiO2 Aeroxide
P25 and extracted with a withdrawal velocity of 3 cm/min [16]. Then, they were dried
at 110 ◦C for 24 h and calcined at 500 ◦C for 2 h with a heating rate of 5 ◦C/min. This
procedure was repeated to obtain rings with different thicknesses of the TiO2 film. The
thickness of the resulting films (tTiO2) was estimated from SEM images with a scanning
electron microscope (JEOL, JSM-35C). The phase composition of the photocatalyst after
calcination was evaluated by X-ray diffraction with a Shimadzu XD-D1 diffractometer with
Cu-Kα radiation. The results showed that the catalyst contains 82% anatase and 18% rutile.
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4. Experimental Assays

Experiments of CA degradation in the photocatalytic reactors were carried out at
different values of initial pollutant concentration, TiO2 film thickness, and irradiation level,
as reported in Table 2.

Table 2. Experimental conditions.

Photoreactor

Variable Cylindrical Annular

Initial CA concentration,
CCA,0 [mol/cm3] 0.93 × 10−7 (0.93, 1.87, 2.34) × 10−7

Incident radiation fluxes,
qw[Eins/(s cm2)] (15.2, 9.39, 4.58) × 10−9 (2.29, 2.94, 3.34) × 10−9

Thickness of TiO2 film,
tTiO2 [µm] 0.27, 0.44 0.27, 3.24

In the CR, different levels of incident radiation were obtained by locating optical
neutral filters at the external side of the reactor window. These filters attenuated the
incident radiation without altering the spectral distribution of the lamp (100%: no filter;
62%: low optical density filter; 30%: high optical density filter). In the AR, different
irradiation levels were obtained by switching on the external lamps only, the internal
lamps only, and both (total illumination condition). The incident photon flux at the reactor
windows (qw) under each condition, in both reactors, was determined by ferrioxalate
actinometry [17].

All the experiments were carried out following the same procedure. CA solutions
were prepared by dissolving the required mass of CA in ultrapure water. The initial pH
of the solutions was 5. Prior to each run, the reactor was filled up with the coated rings,
and the CA solution was placed in the storage tank and circulated in the system for 30 min
under dark conditions. During this time, the solution was saturated with pure oxygen.
In the case of the CR, the Hg lamp was warmed up 30 min before the beginning of the
experiment. Samples were collected from the tank at time intervals of 1 h during 6 h. Then,
they were filtered through syringe filters (Anotop 25) and CA was quantified by HPLC
with UV detection [18]. The analyses were carried out in a Waters chromatograph with a
RP C-18 column (XTerra®). The mobile phase was a binary mixture of acidified water (with
0.1 % v/v phosphoric acid) and acetonitrile (50:50). The flow rate was 1.0 mL/min and the
injection volume was 20 µL. Absorbance detection was made at 227 nm.

5. Reactor Modeling
5.1. Mass Balance

The theoretical evolution of the concentration of the pollutant CA in a batch system
with recycle can be obtained by solving the mass balance of the referred chemical compound.
Assuming that the conversion per pass in the reactor is differential; the system is well-mixed;
mass transfer limitations are negligible; direct photolysis is insignificant; and chemical
reactions occur only at the solid–liquid interface among adsorbed molecules, the mass
balance expression for CA and the initial condition in the reacting system can be written as

dCCA(t)
dt

= −Acat

VT
rCA(x, t)Acat

CCA(t = 0) = CCA,0 (1)

where CCA is the molar concentration of CA (mol/cm3), t refers to the reaction time (s), VT
is the total volume of the solution in the system (cm3), x represents the position vector, and
〈rCA(x, t)〉Acat

represents the surface degradation rate of CA averaged over the catalytic
area, Acat (cm2).
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The assumptions mentioned above and the resulting mass balance expression are
valid for both systems. Calculations supporting the assumption of negligible mass transfer
limitations are presented as Supplementary Material.

5.2. Kinetic Model

The expression of the reaction rate was mechanistically derived from a kinetic scheme
summarized in Table 3. It involves the activation of TiO2 upon UV irradiation with
the formation of electron/hole pairs, electron and hole trapping, and the attack of CA
molecules by hydroxyl radicals [19,20]. This mechanism leads to the formation of organic
intermediates species Xi which, in turn, can be mineralized by further oxidation.

Table 3. Reaction scheme for the photocatalytic degradation of CA.

Step Reaction Reaction Rate

Activation TiO2 + hν→ e− + h+ rgs

Recombination e− + h+ → heat k2
[
e−
][

h+]

Electron trapping e− + O2,ads → ·O−2 k3
[
e−
][

O2,ads
]

Hole trapping h+ + H2Oads → ·OH + H+

h+ + OH−ads → ·OH k4
[
h+][H2Oads]

Hydroxyl radical attack CAads + ·OH→ Xi →→ Cl− + CO2 + H2O k5[CAads][·OH]

The kinetic model also assumes that photocatalytic reactions occur at the surface of
the catalyst particles among adsorbed molecules [21]; dynamic equilibrium is achieved
between the bulk and the adsorbed concentrations of H2O, O2, inorganic species and
organic compounds [22,23]; molecular oxygen and organic compounds are adsorbed on
different sites of the catalyst [24,25]; there is a competitive adsorption mechanism between
CA and its main reaction intermediates; O2 concentration is constant and in excess with
respect to the stoichiometric demand; and the concentration of water molecules, hydroxyl
ions, and total adsorption sites for CA on the catalytic surface remains constant [26]. The
resulting local reaction rate expression for CA degradation is

rCA(x, t) = α2CCA(t)
[
−1 +

√
1 + α1ea,s(x)

]
(2)

where α1 and α2 are intrinsic kinetic parameters, and ea,s(x) is the local surface rate of
photon absorption (LSRPA), that is, the amount of photons absorbed per unit time and per
unit area of TiO2-coated surface. As irradiation is constant throughout the experiments,
and we assume that the optical properties of the TiO2 films do not vary during the reaction
time, ea,s is considered to be independent of time. A detailed derivation of Equation (2) can
be found in [27].

Finally, by introducing the reaction rate expression into Equation (1), the mass balance
for CA can be written as follows:

dCCA(t)
dt

= −Acat

VT
α2CCA(t)〈−1 +

√
−1 + α1ea,s(x)〉

Acat
CCA(t = 0) = CCA,0 (3)

From the resolution of Equation (3), the evolution of CA concentration under different
experimental conditions can be predicted.

It is important to highlight that the LSRPA is explicitly included in the reaction rate
expression. The dependence of the reaction rate on the photon absorption rate can take
two limiting forms: linear, at high levels of irradiation, and square root, at low levels
of irradiation. In many cases, the radiation field in photocatalytic reactors present high
non-uniformities. These situations originate different dependence orders to co-exist in
the same reactor, making it inadequate to employ an averaged value of LSRPA with a

59



Water 2022, 14, 3608

single exponent in the mass balance. In such cases, the complete radiation expression
〈−1 +

√
−1 + α1ea,s(x)〉Acat

should be employed [28].

5.3. Local Surface Rate of Photon Absorption (LSRPA)

The evaluation of the CA reaction rate requires the estimation of the absorbed photons
distribution inside the reactors. In the present study, the Monte Carlo method was applied
to obtain the LSRPA. This method consists of tracking a significant amount of photons
emitted by the light source, which interact with the elements of the packed-bed and the
reactor walls or windows, until they are absorbed or scattered out. The reactor bed volume
is discretized into spatial cells, and when photons are absorbed, the location of this event is
recorded. Then, it is possible to establish the distribution of the LSRPA inside the reactor.
The direction, length of the trajectory, and fate of the photons are determined by random
numbers between 0 and 1. Briefly, the proposed model assumes that emitted photons travel
along rectilinear trajectory until they reach the reactor walls or a TiO2-coated ring. The
photons that reach a ring can be absorbed, transmitted or reflected. If they are absorbed
in the TiO2 film, its position is stored in the corresponding spatial cell, the trajectory ends,
and the tracking of a new photon starts. If the photons are reflected, the new direction is
determined by considering specular reflection. If the photons are transmitted, they may
interact with other rings until they are absorbed or they reach the reactor walls. Finally, the
LSRPA in each cell of the reactor was calculated according to:

ea,s(x) = ∑λ

qwλ Awnλ,abs(x)VR

nλ,TVC Acat
(4)

where qwλ is the radiation flux of wavelength λ incident at the reactor window, Aw repre-
sents the irradiated area of the reactor windows, nλ,abs(x) represents the number of photons
of wavelength λ absorbed in a cell of position x, nλ,T is the total number of the photons
considered in the simulation for each wavelength interval (107 photons), and VC is the
volume of the cell. This procedure, schematized in Figure 4, was followed in both reactors
to obtain the LSRPA. However, due to the particular configuration and radiation source of
each reactor, different coordinate systems and dimensions were considered to develop each
model, as summarized in Table 4.

In the CR, due to the configuration of the reactor and lamp (reflector and lamp
arrangement, reactor ground window, and reactor dimensions), the radiation extinction
inside the photocatalytic bed occurs mainly along the longitudinal axis of the reactor, and
the incoming radiation can be considered diffuse with azimuthal symmetry. Therefore, a
one-dimensional radiation model with the Cartesian coordinate x was employed to assess
the location of photons inside the reactor, and the polar coordinate θ was used to determine
the direction of the photons (Figure 2b). In the AR, due to the particular arrangement of
the LED lamps and the reactor shape, a three-dimensional radiation model was required to
evaluate the LSRPA. A cylindrical coordinate system (zm, ϕm and ρm) was used to define
the position of the emitting LED and the location of photons with respect to the reactor,
and a spherical coordinate system (rph, θph and ϕph) was employed to indicate the direction
of propagation of a given photon (Figure 2e).

A detailed description of the procedure applied to solve the radiation models by the
Monte Carlo method can be found in references [14,15].

Table 4. Main differences of the radiation models in each reactor.

Characteristics Cylindrical Reactor Annular Reactor

Spatial dimension 1D 3D
Number of spatial cells 103 106

Coordinate system for photon location Cartesian: x Cylindrical:zm,ϕm,ρm
Coordinate system for photon direction Polar: θ Spherical:rph,θph,ϕph
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6. Results and Discussion
6.1. LSRPA Distribution

The most critical aspect in the proposed methodology is the evaluation of the absorbed
radiation inside the reactors. Figure 5 shows the distribution of the LSRPA inside the
packed beds of the CR and AR.

Figure 5a depicts the LSRPA in the CR under 100% irradiation (no filter) and
tTiO2 = 0.27 µm. Maximum values are achieved near the irradiated window, and radi-

ation absorption decreases along the longitudinal axis of the reactor. Nevertheless, the
decrease is smooth and radiation absorption at the opposite side of the illuminated window
is still significant (1/3 of the maximum value). Figure 5b–d present the distribution of the
absorbed radiation in the AR under total illumination and tTiO2 = 0.27 µm. Figure 5b shows
the LSRPA profile at the reactor vertical cross section corresponding to the azimuthal angle
ϕm = 0◦. LED strips were located at the reactor height z = 1 cm and z = 3 cm, as verified
by the high values of LSRPA near these regions. The simulation also reveals that there
are dark zones near the external window, at z = 2 cm, and at the bottom and top of the
reactor (z = 0 cm and z = 4 cm). They are “blind” regions that are not illuminated by the
external LEDs, and radiation from internal LEDs has already been extinguished. This is a
usual problem when using LED lamps as an irradiation source because their viewing angle
is generally narrow and it can cause high non-uniformities in the radiation distribution
inside photoreactors. This effect is less evident at the internal window because external
LEDs are more numerous (14 per external strip vs. 6 per internal strip) and the area of the
internal window is smaller. Therefore, radiation from external LEDs sum up and reach
the opposite side. Figure 5c depicts the LSRPA profile at the horizontal cross section of the
reactor corresponding to z = 1 cm, where maximum values of LSRPA are reached near the
irradiated windows. The positions of the LEDs are clearly individualized, mainly in the
case of internal LEDs because they are located at 0.3 cm from the reactor internal window
whereas external LEDs are located farther away from the external window, at 0.6 cm. In
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Figure 5d, photon absorption distribution at the horizontal cross section corresponding to
z = 2 cm (reactor height between the LEDs strips) is presented. The blind zone mentioned
above, close to the external window, is evidenced.
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Figure 5. LSRPA distribution in the reactors under maximum irradiation and tTiO2 = 0.27 µm. (a) 1-D
plot in the CR. (b) 2-D plot, vertical cross section in the AR at ϕm = 0◦. (c) 2-D plot, horizontal cross
section in the AR at z = 1 cm. (d) 2-D plot, horizontal cross section in the AR at z = 2 cm is a figure.

6.2. Kinetic Simulations

The estimation of the kinetic parameters involved in Equation (3) was carried out
employing CA concentration information from degradation experiments in the CR and the
corresponding LSRPA values. A Levenverg–Marquardt optimization method was applied,
which minimizes the differences between the estimated values of CA concentration and
experimental data. The differential mass balance equation was solved employing a fourth-
order Runge–Kutta method. The values of the kinetic parameters obtained, with the
corresponding 95% confidence intervals, were: α1 = (2.95 ± 0.31) × 1010 cm2 s/Einstein,
and α2 = (3.24 ± 0.11) × 10−5 cm/s. As shown in Figure 6, these parameters were able to
simulate with good accuracy the evolution of CA concentration under different irradiation
conditions and film thicknesses in the CR.
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Figure 6. Experimental results and model predictions for CA in the CR: (a) Different irradiation levels
(tTiO2 = 0.27 µm); (b) Different tTiO2 (qw = 15.2 × 10−9 Eins/s cm2). Symbols: experimental data.
Solid lines: model results.

Then, to validate the proposed strategy, the performance of the AR under different
experimental conditions was simulated. The evolution of CA concentration in the LED
reactor was calculated by solving Equation (3) with the two parameters previously esti-
mated, and the corresponding values of LSRPA obtained from the 3D radiation model. It
is important to remark that no adjustable parameters were employed in the simulations.
Predicted and experimental CA concentrations in the AR under different conditions, for
tTiO2 = 0.27 µm, are shown in Figure 7.
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Figure 7. Experimental results and model predictions for CA in the AR: (a) Different initial
CA concentrations (total irradiation, tTiO2 = 0.27 µm); (b) Different irradiation conditions
(CCA,0 = 1.8 × 10−7 mol/cm3, tTiO2 = 0.27 µm). Symbols: experimental data. Solid lines: model results.
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As can be observed, very good agreement was obtained between model predictions
and experimental results. The percentage root mean square error of the estimations was
calculated according to the following expression:

RMSE% =

√√√√ 1
N

N

∑
i=1

(
CCA,exp i − CCA,i

CCA,exp i

)2

× 100 (5)

where CCA,exp i is the experimental concentration of CA in a defined time and experimental
condition, and CCA,i is the corresponding predicted concentration by the model. N repre-
sents the total number of experimental points. The RMSE% for the experiments presented
in Figure 7 is 4.6%.

Intrinsic kinetic parameters can be very useful to find the experimental conditions
needed to achieve a defined goal. For example, if we want to obtain 80% CA conversion
in 6 h under total illumination in the AR, the model indicates that a TiO2 film thickness
of 3.2 µm must be used. This prediction was experimentally verified, as presented in
Figure 8. Under similar conditions but with external illumination only, 70% CA conversion
was achieved after 6 h of irradiation. The corresponding experimental and simulation
results under this condition are also depicted in Figure 8. The RMSE% of the estimations
employing tTiO2 = 3.2 µm was 12.6%. Although it was higher than the error obtained from
simulations in Figure 7, the TiO2 film thickness in the last cases was one order of magnitude
higher than the tTiO2 employed in the CR for the estimation of the kinetic parameters
(0.27 µm and 0.44 µm). Despite this issue, reasonable predictions were obtained.

Water 2022, 14, x FOR PEER REVIEW 13 of 14 
 

 

 
Figure 8. Experimental results and model predictions for CA in the AR under different irradiation 
conditions (𝑡 = 3.2 µm). Symbols: experimental data. Solid lines: Model results. 

7. Conclusions 
In this work, a strategy to obtain intrinsic kinetic parameters in a simple, cylindrical 

packed-bed photocatalytic reactor is presented. This information was used to simulate the 
performance of a more complex, annular packed-bed reactor, with different dimensions, 
types of lamp, and illumination arrangements. With only two kinetic parameters, and no 
adjustable factors, the proposed methodology can predict with good accuracy the behav-
ior of the pollutant clofibric acid in the annular reactor. Because photocatalytic-reaction-
rate expressions depend on the effect of radiation absorption, the key factor is to accu-
rately model the photon absorption distribution inside the reactors. The presented results 
demonstrate that kinetic parameters calculated with this methodology are independent of 
the reactor geometry, reactor size and irradiation conditions, and that they can be em-
ployed to design, optimize and scale-up photocatalytic reactors. The rational design of 
photocatalytic reactors, employing intrinsic parameters and radiation models, constitutes 
an efficient strategy for bridging the gap between laboratory experiments and real appli-
cations. 

Supplementary Materials: The following supporting information can be downloaded at: 
www.mdpi.com/xxx/s1, Evaluation of internal and external mass transfer limitations in the photo-
catalytic reactors. 

Author Contributions: A.M.: Investigation, formal analysis, software, and writing—original draft 
preparation. O.M.A.: Overall review, editing, and fund acquisition. M.L.S.: Visualization, supervi-
sion, and writing—review and editing, and fund acquisition. All authors have read and agreed to 
the published version of the manuscript. 

Funding: This research was funded by Universidad Nacional del Litoral, grant number CAI+D 2020 
50620190100040LI from, Consejo Nacional de Investigaciones Científicas y Técnicas, grant number 
PIP 2021 11220200101324CO, and Agencia Nacional de Promoción de la Investigación, el Desarrollo 
Tecnológico y la Innovación, grant number PICT 2018-0926. 

Data Availability Statement: The data presented in this study are available on request from the 
corresponding author. 

Acknowledgments: The authors gratefully acknowledge Ing. Javier Borda Bossana for his technical 
assistance in the representation  of simulation results. 

Conflicts of Interest: The authors declare no conflict of interest. 

References 

0 60 120 180 240 300 360
0.0

0.3

0.6

0.9

1.2

1.5

1.8

 Total illumination
 External illuminationC

A
 c

on
ce

nt
ra

tio
n 

× 
10

7  (m
ol

/c
m

3 )

Time (min)

Figure 8. Experimental results and model predictions for CA in the AR under different irradiation
conditions (tTiO2 = 3.2 µm). Symbols: experimental data. Solid lines: Model results.

7. Conclusions

In this work, a strategy to obtain intrinsic kinetic parameters in a simple, cylindrical
packed-bed photocatalytic reactor is presented. This information was used to simulate the
performance of a more complex, annular packed-bed reactor, with different dimensions,
types of lamp, and illumination arrangements. With only two kinetic parameters, and no
adjustable factors, the proposed methodology can predict with good accuracy the behavior
of the pollutant clofibric acid in the annular reactor. Because photocatalytic-reaction-rate
expressions depend on the effect of radiation absorption, the key factor is to accurately
model the photon absorption distribution inside the reactors. The presented results demon-
strate that kinetic parameters calculated with this methodology are independent of the
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reactor geometry, reactor size and irradiation conditions, and that they can be employed to
design, optimize and scale-up photocatalytic reactors. The rational design of photocatalytic
reactors, employing intrinsic parameters and radiation models, constitutes an efficient
strategy for bridging the gap between laboratory experiments and real applications.
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Abstract: Heterogeneous catalytic ozonation is an alternative approach for the removal of refractory
pollutants from water, and the fabrication of mesoporous materials with high dispersibility would
enhance the catalytic efficiency. A mesoporous CeO2 was prepared by the nanocasting method
with SBA-15 as a hard template, and was investigated in the catalytic ozonation of atrazine. The
synthetical CeO2 nanorods have a specific surface area of 95.08 m2/g, a diameter of 10.16 nm, and
a spacing of 2.18 nm. The removal rate of atrazine was 85.5%, 64.8%, and 46.4% in the order of
catalytic ozonation by synthetical CeO2 > single ozonation > catalytic ozonation by commercial CeO2,
respectively. The superior activity of the synthetical CeO2 could be attributed to the well-ordered
mesoporous structure, the high surface area, and the redox Ce3+/Ce4+ cycling. Moreover, eight
organic intermediates were identified after one minute of catalytic ozonation of atrazine, and the
cleavage of the ethylamino group was proposed as the main pathway of atrazine degradation.

Keywords: catalytic ozonation; atrazine; CeO2; mesoporous

1. Introduction

Atrazine as a chlorinated triazine herbicide has been widely used in agriculture,
especially for the control of crops and grassy weeds [1]. It has a water solubility of 33 mg L−1

at 25 ◦C, an organic carbon partition coefficient value of 100 L kg−1, and a half-life ranging
from 21 days to two years, which makes it possible to leach into the aquatic ecosystem and
persist for a long time [2]. Atrazine, even at low concentrations in water bodies, could cause
serious negative effects on human health through the accumulation of it in the food chain [3],
and has been listed as a priority substance by the European Commission. Notably, the
detected concentration of atrazine in surface water and groundwater in Beijing ranged from
0.12 to 5.16 µg L−1, which exceeded the allowable level of 3 µg L−1 for drinking water [4].
However, the traditional water purification methods are obviously not enough to remove
atrazine from water efficiently and completely [5], and the by-products such as halogens
might cause a more serious ecological impact [6]. Therefore, it is an urgent requirement to
develop an effective removal method for reducing its environmental exposure.

Besides persulfate oxidation [7], photocatalytic oxidation [8], and electrochemical
oxidation [9], heterogeneous catalytic ozonation technology is a promising technology for
the removal of refractory pollutants [10], which could generate highly reactive hydroxyl
radicals with a redox potential of 2.80 eV and rapidly and non-selectively degrade or even
mineralize antibiotics with 106–1010 L mol−1 s−1 reaction rate [11]. Li et al. [12] evaluated
the degradation of atrazine by the catalytic ozonation of iron scraps, and the results showed
that the mineralization efficiency was as high as 86.6%, and the toxicity was efficiently
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removed at 30 min. Ye et al. [13] identified that the prepared catalyst could effectively im-
prove the degradation and mineralization rate of atrazine, and the mineralization strongly
depended on the solution’s pH. Zeghioud et al. [14] concluded that catalytic ozonation
coupled with discharge plasma could improve the removal efficiency of refractory organic
pollutants. He et al. [15] combined membrane filtration and catalytic ozonation for the
removal of atrazine, 99.99% of atrazine could be removed within 40 min and hydroxyl
radicals were inferred to be the main reactive oxygen species in the catalytic ozonation
process. Three pollutant degradation pathways are normally proposed in the process of
heterogeneous catalytic ozonation [16]. Firstly, ozone is adsorbed on the catalyst surface
and catalyzed to generate radical oxygen species, which further degrades the organic
pollutant adsorbed on the catalyst surface or in solution. Secondly, ozone directly attacks
and degrades the organic pollutants adsorbed on the surface of the catalyst or the complex
formed by organic pollutants and the catalyst. Thirdly, both ozone and organic pollutants
are simultaneously adsorbed and reacted on the surface of the catalyst. Obviously, het-
erogeneous catalytic processes are really complicated, involving gas phase (ozone), liquid
phase (water) and solid phase (catalyst), where catalysts would perform various roles, such
as providing active sites for adsorption and catalytic ozonation. Therefore, the textural
properties of catalysts, such as surface area, pore volume and porosity, are the keys to
catalytic efficiency.

Numerous studies have been devoted to designing and optimizing the properties
of catalysts to improve the efficiency of catalytic ozonation. Bing et al. [17] prepared
Fe2O3/Al2O3@SBA-15 by wet impregnation and calcination, and characterized that Al2O3
and Fe2O3 were highly dispersed on SBA-15, and amounts of surface Lewis acid sites ex-
isted due to the substitution of Al3+ for the hydrogen of Si-OH. Yuan et al. [18] synthesized
microporous iron silicate with poor crystallinity and found that Fe-Si binary oxides inhib-
ited the futile decomposition of ozone and increased the probability of hydroxyl radicals
generated through the reaction between ozone and α-Fe2O3. Our previous work prepared a
mesoporous MnO2 by the nanocasting method and found that the ordered nanorods with a
high surface area facilitated mass transport and exposure of active sites [19]. Besides MnO2,
CeO2 is another widely studied heterogeneous catalyst for catalytic ozonation. The cerium
redox pair (Ce(III) and Ce(IV)) performs a synergetic effect on catalytic ozonation, where
Ce(III) could catalyze ozonolysis to generate hydroxyl radicals and would be regenerated
through the reduction of Ce(IV) [20]. Notably, the surface basicity, defect density/oxygen
vacancies and unsaturated coordination sites of CeO2 crystal planes exposed are important
factors in the catalytic performance, such as the ability of different crystal planes in the
order of (100 + 110) > (100) > (111) to enhance the mineralization of nitrophenol [21].

In this study, an ordered mesoporous CeO2 with a high surface area was prepared
with SBA-15 as the hard template by the nanocasting method and used as an efficient
catalyst for catalytic ozonation of atrazine. The textural properties of the synthesized
samples were characterized by X-ray diffraction(XRD), surface area analysis techniques,
scanning electron microscope (SEM), transmission electron microscope (TEM), and X-
ray photoelectron spectroscopy (XPS). The performance of CeO2 was investigated by
evaluating the degradation of atrazine under various conditions compared with control
samples. Moreover, the degradation pathways were assessed through the identification
of intermediate products. This study may provide an approach to effectively remove
refractory pollutants in the process of wastewater treatment.

2. Materials and Methods
2.1. Materials

SBA-15 was purchased from XFNANO Co., Ltd. (Nanjing, China). The commer-
cial CeO2 and Ce(NO3)3•6H2O were supplied by Sinoparm Chemical Reagent Co., Ltd.
(Shanghai, China). Atrazine was provided by the laboratory of the government chemist
(Germany). NaOH was purchased from Rhawn Reagent (Shanghai, China). H2SO4 was
obtained from Yantai Far East Fine Chemical Co., Ltd. (Yantai, China). All chemicals
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used were of analytical grade without further purification. Deionized water (18 MΩcm)
produced by the Milli-Q purification system (Millipore, USA) was used to prepare solutions.
Ozone was supplied by an ozone generator (COM-AD-01, ANSEROS), and the ozone stock
solution was obtained by bubbling gaseous ozone into a 1 L cylindrical reactor filled with
pure water for 30 min.

2.2. Preparation of CeO2

The synthesis of mesoporous CeO2 was based on a previously reported method [19].
Concisely, 4.51 g of SBA-15 was dispersed in an ethanol solution (15 mL of ultrapure water
and 90 mL of ethanol) under stirring with a magnetic bar at room temperature. A total
of 13 g of Ce(NO3)3•6H2O was added into the suspended solution and kept stirring for
2 h. The solid was filtered from the suspension, dried for 5 h at 105 ◦C, and subsequently
calcined at 300 ◦C for 3 h. The CeO2/SBA-15 complex obtained was rinsed with 2M NaOH,
then washed to neutral with ultrapure water and dried for 3 h at 105 ◦C.

2.3. Experimental Procedure

The experimental procedure was conducted in batch mode in a 0.6 L cylindrical
reactor with a diameter of 80 mm and a height of 120 mm at room temperature. Basically,
appropriate amounts of catalyst and atrazine stock solution were added to the reactor
under continuous magnetic stirring. Then, appropriate ozone stock solutions were added
to the reactor to initiate catalytic ozonation (the initial mixing solution contained 50 µg L−1

atrazine, 20 mg L−1 catalyst and 1 mg L−1 O3). The solution of an appropriate volume
was sampled from the reactor at certain intervals, filtered with a 0.22 µm prefilter and
quenched with a trace of Na2S2O3 for further analysis. Two samples were repeated for
each experiment.

2.4. Characterization

The XRD patterns were recorded in the 2θ range of 5–60◦ using a Rigaku Ultima V
diffractometer with Cu Kα as the radiation source. The surface area was measured on
an automatic adsorption analyzer (ASAP2460, Micromeritics Instrument Corp., Norcross,
GA, USA) and calculated by the Brunauer–Emmett–Teller (BET) method. The structure
and morphology of the as-prepared CeO2 were characterized by transmission electron
microscopy (FEI Tecnai G2 F20, NL) and scanning electron microscopy (Zeiss Sigma 300,
GER) equipped with an energy-dispersive spectrometer. The elementary compositions of
the prepared samples were analyzed by X-ray photo-electron spectroscopy (Thermo Fisher
Scientific, Waltham, MA, USA).

The atrazine concentration was detected by high-performance liquid chromatography
(LC-20AT, Shimadzu, JPN) equipped with a diode array detector. A reversed-phase C18
column was used under isocratic elution with methanol and phosphoric acid solution (v/v,
55:45) at 1.0 mL/min at 35 ◦C. The intermediates were identified by an ultra-performance
liquid chromatography tandem quadrupole time of flight mass spectrometer (LCMS-9030,
Shimadzu). Gaseous O3 concentrations were monitored using an ozone analyzer (GM-6000-
OEM, ANSEROS). Aqueous O3 concentrations were measured by iodometry and were
calculated using the following equation.

C(O3) = 24000C(Na2S2O3)V(Na2S2O3)/V(O3) (1)

where C(O3) is the aqueous O3 concentration, mg/L; C(Na2S2O3) is the concentration of
Na2S2O3 standard solution, mol/L; V(Na2S2O3) is the consumed volume of Na2S2O3 stan-
dard solution, mL; V(O3) is the titration volume of the aqueous O3, mL.
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3. Results and Discussion
3.1. Characterization of CeO2

The XRD patterns of the CeO2 samples are shown in Figure 1. The synthetical and
commercial samples both exhibited five distinguished diffraction peaks at 28◦, 33◦, 47◦,
56◦ and 59◦, which could be indexed to the (111), (200), (220), (311) and (222) reflection
planes of CeO2 (JCPDS No. 78-0694) [22]. The peaks of synthetical CeO2 were wider and
weaker than those of commercial CeO2, which implied that the crystal size of synthetical
CeO2 was smaller than that of commercial CeO2. The average crystal size of the synthetical
and commercial CeO2 was 9.8 nm and 37.4 nm, respectively, through the calculation of the
Scherrer formula as below [23].

D = Kλ/βcosθ (2)

where D is the average crystal size; K is a constant of 0.89; λ is the X-ray wavelength of
0.154 nm; β is the full width at half maximum of the diffraction peak; θ is the diffraction angle.

Figure 1. XRD pattern of CeO2 samples.

The BET adsorption-desorption isotherms were measured to analyze the specific sur-
face area and pore information of CeO2. In Figure 2a, the hysteresis loop of the synthetical
CeO2 corresponded to type IV, indicating the existence of mesopores. The commercial CeO2
might be nonporous or microporous since its hysteresis loop belonged to type I. Moreover,
the specific surface area of the synthetical and commercial CeO2 shown in Table S1 was
95.08 m2/g and 1.44 m2/g, respectively, and the specific surface area of the synthetical
CeO2 was significantly higher than that of the commercial CeO2, which implied that the
synthetical CeO2 would provide more catalytic sites and facilitate catalytic ozonation as
it could offer more active site exposure possibilities compared to the commercial CeO2 of
the same mass. Figure 2b showed that the synthetical CeO2 had a relatively concentrated
pore distribution while the commercial CeO2 was almost non-porous, which echoed the
analysis of BET adsorption-desorption isotherms and implied that the synthetical CeO2
might be of ordered mesopores.

The morphologies of CeO2 were characterized by SEM, and the images are shown
in Figure 3. Apparently, the CeO2 samples presented different degrees of aggregated
morphology, and the synthetical CeO2 seen in Figure 3a,c exhibited granular while the
commercial CeO2 seen in Figure 3b,d exhibited layered, which implied that the surface
area of synthetical CeO2 would be much higher than that of commercial CeO2. Figure 4
displays the TEM images of CeO2 within different nanometer dimensions. Through the
comparison of samples, the synthetical CeO2 exhibited higher dispersibility than the
commercial CeO2, which was consistent with the SEM results. Moreover, the synthetical
CeO2 was a nanorod with well-ordered channels, while the commercial CeO2 was a
nanocube with high agglomeration. Further, the nanorod was 10.16 nm in diameter, and
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the distance between each channel was 2.18 nm, implying the synthetical CeO2 had an
ordered mesoporous structure and would have large active sites exposed. The synthetical
CeO2 dominantly exposed (111) facets with an interplanar spacing of 0.31 nm, while the
commercial CeO2 mainly exposed (200) facets with an interplanar spacing of 0.19 nm. The
lattice fringes revealed the high crystallinity of CeO2, which further proved the results
of XRD.

Figure 2. Nitrogen adsorption-desorption isotherms (a) and pore size distribution (b) of CeO2.

Figure 3. SEM images of synthetical (a,c) and commercial (b,d) CeO2..

Figure 4. TEM images of synthetical (a–c) and commercial (d–f) CeO2 within different nanometer
dimensions.
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The redox couple between Ce3+/Ce4+ or O2−/O3 plays a crucial role in enhancing the
catalytic activity as the electrons from Ce3+ would be transferred to O3, which decomposes
O3 into reactive oxygen species, and the electrons from O2− would reduce the Ce4+ to
Ce3+ [21]. The chemical states of Ce/O and their concentrations on the sample surface
were analyzed from the XPS spectra. As illustrated in Figure 5a, the Ce 3d XPS spectra
consisted of two series of spin-orbit lines, where v represented the Ce 3d3/2 spin-orbit
splitting peak while u represented the Ce 3d5/2 spin-orbit splitting peak. The spin-orbit
was well-fitted with ten peaks through deconvolution [24], and the energy positions of
these ten spin-orbit components were summarized in Table S2. Taking the synthetical
sample as an example, three pairs of peaks, including v (882.46 eV) and u (900.98 eV), v′ ′

(888.87 eV) and u′ ′ (907.61 eV), and v′ ′ ′(898.18 eV) and u′ ′ ′ (916.83 eV), were related to the
characteristic peaks of Ce4+. The remaining two pairs of peaks marked as v0 (880.38 eV) and
u0 (898.38 eV) and v′ (884.84 eV) and u′ (903.05 eV) belonged to the characteristic peaks of
Ce3+ [24]. The results indicated that cerium existed in CeO2 in two valence states [25], Ce3+

and Ce4+, and the atomic ratio of Ce3+ to Ce4+ was 10.14% and 12.59% for the synthetic and
commercial CeO2, respectively. The emergence of multivalent cerium would facilitate the
charge transfer and the production of reactive oxygen species during the catalytic ozone
process. The presence of Ce3+ would introduce the occurrence of oxygen vacancies on
CeO2. As illustrated in Figure 5b, the O 1s XPS spectra exhibited a strong peak with a
shoulder, and might be related to four kinds of surface oxygen states. The fitting peak at
529.47–529.51 eV could be attributed to the lattice oxygenis [26], the one at 530.51 eV could
be assigned as the surface oxygen from the hydroxyl group [27], and the adjacent peaks at
531.46–531.47 eV and 531.81–531.97 eV should be characteristic of subsurface O−/O2

2−

species, which belong to oxygen substances chemically adsorbed at oxygen vacancies and
would improve the catalytic activity [28].

Figure 5. XPS spectra of Ce 3d (a) and O 1s (b) of CeO2..

3.2. Catalytic Ozonation of Atrazine

To evaluate the catalytic superiority of the synthetical CeO2 for ozonation, the atrazine
degradation experiments were carried out under different conditions. The adsorption was
performed for 10 min before atrazine degradation. As shown in Figure 6a, the adsorption
amount of synthetical CeO2 was as high as 9.9%, while that of the commercial one was
only 4.0%. The good adsorption capacity is attributed to the high surface area of synthetical
CeO2, which would be favorable for the reaction of atrazine with hydroxyl radical generated
on the catalyst surface. The atrazine removal rate with synthetical CeO2 could reach up
to 85.5% after 10 min, while the removal rates with commercial CeO2 and ozone alone
were 64.8% and 46.4%, respectively. The performance of synthetical CeO2 on catalytic
ozonation of atrazine was statistically (p < 0.05) different from and better than that of
commercial CeO2 or ozone alone, indicating that the synthetical CeO2 effectively enhanced
the catalytic ozonation and its catalytic activity was obviously superior to commercial
CeO2. The nano-ZnO [29] and mesoporous Fe3O4 [30] were also prepared as ozonation
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catalysts to enhance the degradation of atrazine, and in contrast, the synthetical CeO2 could
obtain the high removal efficiency of atrazine at a dose of less than an order of magnitude.
To further quantitatively analyze the catalytic activity of CeO2, the rate constants were
calculated according to the pseudo-first-order kinetic equation [13]:

−ln(Ct/C0) = kobst (3)

where Ct is the atrazine concentration at the reaction time t, C0 is the initial atrazine
concentration, and kobs is the pseudo-first-order constant. As shown in Figure 6b, the
apparent rate constant for ozone alone was 0.074 min−1, while the apparent rate constant
increased to 0.175 min−1 and 0.097 min−1 after the addition of synthetical and commercial
CeO2, which demonstrated that the applied CeO2 could promote the removal of atrazine.
Notably, the apparent rate constant of synthetical CeO2 was significantly higher than that
of commercial CeO2, which was associated with the superior aforementioned properties
such as mesoporous structure, high surface area, as well as good dispersibility.

Figure 6. The curves (a) and pseudo-first-order plots (b) of atrazine degradation in different processes
(atrazine concentration = 50 µg/L; catalyst dose = 20 mg/L; ozone concentration = 1 mg/L; initial
pH = 7).

Combined with the experimental results and previous research [31], the atrazine degra-
dation was a relatively complex process during the catalytic ozonation, which included
adsorption, direct oxidation by molecular ozone and indirect oxidation by hydroxyl rad-
ical. The catalytic mechanism of synthetical CeO2 on the ozonation of atrazine could be
summarized as follows:

CeO2 + Atrazine(aqu) → CeO2≡Atrazine(ads) (4)

Ce3+ + O3 + H+ → Ce4+ + HO3• (5)

HO3• → •OH + O2 (6)

•OH + O3 → O2
− + HO2• (7)

O2
− + O3 → O3

− + O2 (8)

O3
− + H+ → HO3• (9)

HO3• → •OH + O2 (10)

Ce4+ + e− → Ce3+ (11)

•OH + CeO2≡Atrazine(ads) → byproducts (12)
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The pH value has an important influence on the chemical characteristics of the catalyst
surface, the charge of ionic organic molecules, and the decomposition of O3 into reactive
oxygen species in the catalytic process [32]. The influence of the initial pH value on
the catalytic efficiency would be taken into account in the subsequent evaluation of the
environmental influence on the catalytic performance.

3.3. Transformation Products and Proposed Pathways

The molecular structure of atrazine mainly consists of the s-triazine ring, the isopropy-
lamino group, the ethylamino group and the chlorine group, and the nitrogen atom in the
amino group and the chlorine atom adjacent to the s-triazine ring are vulnerable to radical
oxygen species [15]. It is widely recognized that the degradation of atrazine in catalytic
ozonation involves the reaction pathways: dealkylation, dechlorination, deamination and
olefination [33]. However, the priority of the pathways was basically not involved in
previous studies on reaction pathways since the sampling time for the determination of
intermediates was not considered.

The previous results shown in Figure 5a indicated that atrazine could be mostly de-
graded within 10 min, and half could be degraded in one minute. The sample after one
minute of catalytic ozonation could better reflect the early reaction process and was used
for the determination of intermediates. Eight organic intermediates with m/z values of
232, 174, 214, 230, 172, 212, 188 and 146 were successfully identified (mass error within
0.5 ppm), and were shown in Table S3 and Figure S1. Based on the intermediates and
literature reports, the degradation pathway for the catalytic ozonation of atrazine was
proposed in Figure 7. Apparently, the structural changes of atrazine first occurred in the
isopropylamino and ethylamino groups. Six intermediate products were detected dur-
ing the change of the ethylamino group, and their mass spectral peak responses were
relatively higher, which could be inferred that the change of the ethylamino group was
the main pathway of atrazine degradation. The ethylamino group was attacked by hy-
droxyl radicals to form the hydroxylated intermediate P1(m/z = 232), and the formed
hydroxyl group could be easily attracted to form carbon-centered radicals, which could
further add oxygen and rapidly eliminate hydroxyl peroxide radical to generate ketones
P4(m/z = 230) [34], and further attacked by hydroxyl radicals, leading to the loss of chlo-
rine and the formation of hydroxylated intermediate P6(m/z = 212). The intermediate
P3(m/z = 232) was formed from the olefination of P1, followed by further dealkylation
to form the intermediate P5(m/z = 172) [35]. It is noted that the dealkylation reactions
were ubiquitous, and the intermediates P2(m/z = 174), P5, P7 and P8(m/z = 146) were
the products of dealkylation reactions since the nitrogen atoms on the isopropylamino
group and ethylamino group were prone to being attacked, resulting in the heterolytic
cleavage of the C–N bond [15]. These intermediates were also observed in other advanced
oxidation processes, such as photocatalytic oxidation, persulfate oxidation and Fenton
oxidation. All the above intermediates would be further oxidized to low molecular organics
and even mineralized to CO2 and H2O by prolonging the reaction time, which was widely
investigated in previous studies [29]. The results indicated that the initiating reaction of
catalytic ozonation of atrazine mainly occurred on the ethylamino group and proceeded to
the dealkylation reactions.
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Figure 7. Proposed degradation pathway of atrazine.

4. Conclusions

The mesoporous CeO2 was successfully obtained by the nanocasting method and
investigated for catalytic ozonation of atrazine. Compared with commercial CeO2 and
single ozone, synthetical CeO2 significantly enhanced the removal of atrazine due to its
excellent properties such as high surface area, well-ordered mesoporous structure and redox
Ce3+/Ce4+ couple. Eight organic intermediates were identified, and the initiating reaction
of catalytic ozonation of atrazine mainly occurred on the ethylamino group, followed
by the dealkylation reactions. This study might facilitate the application of mesoporous
metal oxide and the understanding of the degradation pathways of organic pollutants in
catalytic ozonation.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/w14213431/s1, Figure S1. HPLC-MS/MS chromatogram of
atrazine and intermediates; Table S1. Physical properties of the catalysts; Table S2. Energy positions
of Ce spin orbit components in different samples (unit: eV); Table S3. UPLC-MS/MS analysis of
atrazine and intermediates. Reference [36] is cited in the supplementary material.
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Abstract: Eliminating pharmaceuticals with trace concentrations in water is crucial in water purifi-
cation. Developing an effective adsorbent for removing micropollutants from water has aroused
great research interest. In this study, the feasibility of nitrogen-rich bio-based metal–organic frame-
work (MOF)-derived carbon as an effective material to eliminate micropollutants from the water
environment is discussed. A mixed ligand approach has been applied to synthesize IISERP-MOF27
successfully via the solvothermal method. Adenine, which is non-toxic, easily obtained, and cheap,
was introduced into the structure. The novel heterogeneous porous carbon was produced by py-
rolyzation with an extremely high surface area (SBET = 980.5 m2/g), which is 12.8 times higher than
that of pristine MOFs. Studies show that the highest surface area and abundant mesoporous struc-
tures (Vpore = 0.496 cm3/g) can be obtained when the MOFs are pyrolyzed at 900 ◦C. The saturated
adsorption amount for sulfamethylthiazole (SMX) over MOF-derived carbon can reach 350.90 mg/g
with a fast initial adsorption rate of 315.29 (mg/g·min). By adding the second linker adenine as the
precursor, the adsorption performance for SMX was made extremely better than that of traditional
active carbon (AC) and pyrolyzed ZIF-8(ZIF-8-C), one of the most classic Zn-MOFs. The adsorption
capacity calculated by the Langmuir model (R2 = 0.99) for SMX over bio-C-900 was 4.6 and 13.3 times
more than those of AC and ZIF-8-C, respectively. The removal percentage of six representative
pharmaceuticals can be well correlated to the structural parameter log Kow of each pharmaceutical,
indicating the hydrophobic interaction should be one of the major mechanisms for the adsorption in
water. This study offers a strategy to develop novel carbon materials to remove pharmaceuticals.

Keywords: pharmaceuticals; metal–organic framework; adsorption; performance

1. Introduction

In recent years, regular testing of micropollutants in tap water, river water, and municipal
wastewater has received increasing attention [1]. This kind of pollutant includes antibiotics,
anti-inflammatory medications, and a variety of chemicals [2]. They have adverse environmen-
tal impacts such as mutagenicity, carcinogenicity, aquatic toxicity, and other harmful effects
on both humans and the ecosystem [3,4]. For instance, the frequently used antibiotic sul-
famethoxazole (SMX) is difficult entirely eliminate in wastewater treatment plants (WWTPs),
leading to the transformation of its metabolites and product residues into components of
surface water [5]. It has been proven that prolonged exposure to such pollutants may have
negative effects on individuals, such as liver failure and genetic damage [5,6]. Therefore, it is
of great significance to remove PPCPs from aquatic ecosystems greenly and efficiently.

To remove these contaminants in water, several tertiary treatments have been used,
such as photocatalytic degradation [7], the Fenton reaction [8], biodegradation [9], and
membrane filtration [10]. Among these, adsorption technology, which is easy to operate and
low-cost, has been considered a promising advanced water treatment process for eliminating
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micropollutants in wastewater. To date, a large number of adsorbents have been investi-
gated to remove micropollutants, including porous carbon [11], cyclodextrin polymer [12],
and zeolites [13]. The carbon-based ones among these adsorbents are considered major
materials in the water treatment process because of their high water/thermal stability and
surface areas [14]. However, according to previous studies, their removal efficiency of SMX
still needs to be improved compared to traditional materials (including activated carbon).
Normally, about 54.34 ± 2.35% of SMX can be removed by treatment at WWTPs, but SMX
content ranging from 0.3 ng L−1 to 783 ng L−1 is still detected after removal [15].

In recent years, MOFs with high specific surface areas and high porosities have been
considered promising precursors to constructing adsorbents in water [16]. MOFs derived
from carbon have been employed for the adsorption of water pollutants [17]. For example,
results show that heavy metals, herbicides, and organic dyes can be effectively removed
by carbon materials derived from Fe-MOFs [14,18–20]. Due to the especially low boiling
point of the Zn atom, derived porous carbon can be created after the evaporation of
metal based on Zn-based MOFs, such as ZIF-8, MOF-5, etc. [21–23]. On the other hand,
bio-MOFs such as IISERP-MOF27(bio-27) and IISERP-MOF26 [24] with biological linkers
should be promising in constructing MOFs because of their non-toxic, easily available, and
inexpensive properties [25]. However, to the best of our knowledge, Zn-MOFs with mixed
linkers-derived carbon have not been reported yet.

In this study, for the first time, bio-27-derived carbon was synthesized for the removal
of micropollutants from water. The major characterization shows that this bio-MOF-derived
carbon has obvious heterogeneous pores ranging from 1 nm to 6 nm. The precursors were
pyrolyzed at 500~1000 ◦C (bio-C-500~bio-C-1000). The adsorption capacities and initial
adsorption rates were evaluated by analyzing the removal performance for SMX over
different bio-MOFs. The kinetic data were fitted using the Elovich model. Langmuir and
Freundlich’s models were applied to compare the capacities. The operational parame-
ters were studied. To further evaluate the adsorption performance for pharmaceuticals
with diverse structures, the adsorption behaviors for six pharmaceuticals—ketoprofen
(KP), antipyrine (AT), ibuprofen (IBU), chloramphenicol (CAP), paracetamol (PC), and
sulfamethoxazole (SMX)—were studied.

2. Experimental Section
2.1. Chemical Agents

Zn(NO3)2·6H2O (CAS, 10196-18-6), dimethylformamide (DMF, 99%), and methanol
(MeOH, CAS, 67-56-1) were purchased from Sinopharm (Beijing, China). Adenine (CAS, 73-
24-5) and terephthalic acid (CAS, 100-21-0) were purchased from Energy Chemical (Beijing,
China) (>99%). Active carbon was purchased from Energy Chemical Co. Ltd. (CAS, 7440-
44-0). Sulfamethoxazole and other chemicals were all obtained from Sigma–Aldrich with
a purity of >99%. Water was obtained from a Milli-Q system with 18.2 MΩ·cm−1. The
target compounds can be found in Table 1. Kow, which is the ratio of the concentration of
molecules in the octanol phase to their concentration in the aqueous phase, is widely used
to describe the hydrophobicity of drugs [26]. A drug’s greater hydrophobicity is indicated
by a larger log Kow value [27].

Table 1. Pharmaceuticals used in this study.

Full Name Abbra. Molecular Weight Log Kow Chemical Structures

ketoprofen KP 257.3 3.12
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2.2. Synthesis of Bio-27 and Its Derivatives Bio-C Materials

Bio-27 and its derivatives were synthesized via a solvothermal method [24]. Zn(NO3)2·6H2O
(260.86 mg, 0.87 mmol), adenine (AD; 117.38 mg, 0.87 mmol), and terephthalic acid (H2BDC;
72.60 mg, 0.435 mmol) were mixed with 10.8 mL DMF, H2O, and MeOH (v/v/v = 1:1:0.6)
and dispersed by ultrasonic processing for 30 min. Then, a white dispersion was obtained.
The mixed solution was transferred to a 50 mL Teflon-lined autoclave and kept in an oven
at 120 ◦C for 48 h. DMF and methanol were used to wash the sample before it was dried
at 60 ◦C. A specific amount of bio-27 was evenly distributed in the center of the quartz
boat and heated by 5 ◦C min−1 for 3 h in nitrogen after 6 h of vacuum activation at 120 ◦C.
The materials obtained at the different temperatures of T (T = 500~1000 ◦C) are named
bio-C-T. As the furnace chamber cooled to room temperature, bio-C-T compounds were
generated. Some basic characterization was conducted to select a suitable material for
further application in removing pharmaceuticals from water. The schematic diagram can
be found in Figure 1.
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2.3. Synthesis of ZIF-8 and Its Derivatized Carbon-Based Materials (ZIF-8-C)

ZIF-8 was synthesized based on the previous report [28]. Zn(NO3)2·6H2O (743.8 mg,
2.5 mmol) and dimethylimidazole (821.0 mg,10 mmol) were mixed with 50 mL MeOH and
put into a 100 mL Shuniu bottle, where they were and continuously and evenly stirred for
24 h at room temperature. After standing for precipitation, the materials were separated
and washed three times with fresh MeOH. Then, the materials were dried at 60 ◦C.
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2.4. Characterization

The X-ray diffraction pattern was studied by a multipurpose, high-efficiency X-ray
diffractometer (PXRD, Rigaku MiniFlEX600) (λ = 0.154 nm). The scan rate was 10◦/min
at room temperature. The adsorption–desorption curve was measured by an automatic
specific surface and pore analyzer (Quanta chrome ASiQMVH002-5). Materials were
activated in vacuum at 120 ◦C for 12 h. The Brunel–Emmett–Teller (BET) equation was
used for measuring the specific surface area. The chemical state was obtained by X-ray
photoelectron spectroscopy (XPS, PHI QUANTERA-II SXM, ULVAC-PHI, USA), and the
X-ray source was Al-Ka (1486.6 eV, line width 0.68 eV). The zeta potential of bio-C was
tested using a nanoparticle size and zeta potential analyzer (DLS, Malvern Zetasizer Nano
ZS90, Worcestershire, UK).

2.5. Adsorption Experiment

The adsorption experiments for removing pharmaceuticals with two concentrations,
10 mg/L and 400 µg/L, were conducted separately. The solution was prepared with
ultrapure water. Amounts equal to 4.5 mg of different adsorbents were added to a 50 mL
glass vial containing 50 mL of a simulated solution of PPCPs at pH 7.0. All the batch
adsorption experiments were performed on a multi-point stirrer at 500 rpm and 25 ◦C.
At each time interval, the solution was sampled and then filtered with a PES filter. The
adsorption experiments were conducted for 45 min. The pseudo-second-order kinetic
model is shown in Equations (1) and (2), where Qt represents the adsorption amount at
time t, and µg/g is the unit. Qe is the equilibrium adsorption amount, and µg/g is the unit.
v0 represents the initial adsorption rate, and µg/(g·min) is the unit. k is the intraparticle
diffusion rate constant.

t
Qt

=
1
v0

+
t

Qe
(1)

v0= k × Qt
2 (2)

2.6. Instrumental Analysis for Pharmaceuticals

Pharmaceuticals with concentrations of 10 mg/L were separated and detected using
HPLC-UV with an Agilent 1260 system. The column was an Agilent SB-C18 column
(2.7 µm, 4.6 mm × 150 mm). The mobile phase was water containing 0.1% formic acid and
1 mM ammonium acetate ((NH4)2AC) (60%), as well as MeOH (40%). The temperature in
the column was 30 ◦C. The UV light’s detecting wavelength was 270 nm. Triple quadrupole
mass spectrometry (Agilent 1290, 6465 QQQ, Santa Clara, CA, USA) and ultra-performance
liquid chromatography were used to measure the drugs with trace concentrations. The
column was an Eclipse Plua C18 RRHD (2.1 × 50 mm 1.8 µm). The mobile phases were
water with 0.1% formic acid and 2 mM ammonium acetate (A) and acetonitrile (B). The flow
rate was set at 0.2 mL/min. The dilute gradient was 0–2 min (10% B), 2–10 min (10~45%
B), 10~13 min (45~90% B), 13~14 min (90% B), and 14.1 min (10% B). The injection volume
was 20 µL. The flow rate was 0.2 mL/min. The peak areas of each pharmaceutical were
quantitively analyzed by the Quant-My-Way software, developed by Agilent.

3. Results and Discussion
3.1. Characterizations of Bio-C-T
3.1.1. Structural and Porous Properties

As shown in Figure 2a, the PXRD patterns of bio-27 were consistent with the simula-
tion, with the main characteristic peaks at 5◦, 9◦, and 15◦ [24], indicating the metal–organic
framework (MOF) called bio-27 was synthesized successfully. The PXRD pattern of bio-C-T
can be found in Figure 2b, indicating that all the synthesized carbons are in an amorphous
state. It is to be noted that bio-C-800, 900, and 1000 showed two broad peaks at 24◦ and
43◦, corresponding to the diffraction peaks of the (002) crystal plane and (100) crystal
plane, respectively [29]. The observed peaks move slightly to smaller angles with increased
activation temperatures, indicating the distance of the interlayer could gradually increase.
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According to previous studies, this shift could be caused by defects during carboniza-
tion [30]. However, bio-C-500 may not be carbonized completely based on the positions
of characteristic peaks in the PXRD spectrum. On the other hand, the colors of bio-C-800,
bio-C-900, and bio-C-1000 are black, consistent with the color of carbon black. This could
also confirm the completeness of the carbonization of the four materials. The nitrogen
adsorption isotherm in Figure 2c reveals a mixture of type I and IV isotherms. Obviously,
the adsorption curve of bio-C-900 has a hysteresis loop, indicating that the material has a
hierarchical porous structure and a relatively more mesoporous structure.
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area and pore volume show an upward trend with increased carbonization temperature. 
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Figure 2. (a) PXRD patterns of IISERP−MOF−27 and its (b) derived carbon materials, which are
pyrolyzed at temperatures ranging from 500 ◦C to 1000 ◦C. (c) The nitrogen adsorption and desorption
isotherms of bio−27 and bio−C−T. (d) The pore size distribution of the as-prepared samples of
bio−27 and bio−C−T (T = 500~1000 ◦C).

In comparison, the hysteresis loops of bio-C-800 and bio-C-1000 are not obvious, and
the adsorption curves are more in line with the type I adsorption isotherm. The surface
area and pore volume show an upward trend with increased carbonization temperature.
Still, the specific surface area of bio-C-1000 was lower than that of bio-C-900, which may
be due to the partial collapse of the mesoporous structure at high temperature due to the
complete evaporation of Zn atoms (Table 2).

Table 2. Calculated surface area (SBET) and porous structures.

Materials SBET (m2/g) Vtotal (cm3/g) Pore Width (nm)

Bio-27 76.5 0.054 2.890
Bio-27-500 90.2 0.160 3.698
Bio-27-800 204.2 0.108 0.783
Bio-27-900 980.4 0.496 0.852
Bio-27-1000 605.3 0.294 0.783
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The pore size distribution curve calculated in the microporous region (Figure 2d)
shows that all catalysts are dominated by micropores with a pore size of 0.8 nm. Although
the microporous area of bio-C-500 accounts for a small proportion, the pore volume of
bio-C-500 is higher than that of bio-C-800 due to the wider distribution of the mesoporous
area. The surface area of the pure MOF (bio-27) is 76.4 m2/g, as shown in Table 2. However,
bio-27-C has much higher surface areas ranging from 204.2 m2/g to 980.4 m2/g.

On the other hand, the pore volume of bio-27-C-900 is the greatest, with a value of
0.496 cm3/g. The pore width of the bio-C-900 is the greatest, with a value of 0.852 nm,
among all the materials. The well-developed pore structure in the adsorbent may provide
more adsorption sites for SMX, which should be beneficial for reducing diffusion resistance.

3.1.2. Morphology of the Samples

In Figure 3a,b, the precursor bio-27 has an irregular two-dimensional sheet structure,
but the thickness is too large. With increasing pyrolysis temperatures, the edge morphology
of bio-C-500 becomes irregular (Figure 3c), but it can be observed that it exists in the
form of sheet-like stacking, and the scale becomes thinner. While bio-C-800, bio-C-900,
and bio-C-1000 (Figure 3d–f) exhibit changes in longitudinal scale, the edges are more
regular, and the ordered sheet-like stacking structure is favorable for the mass transfer
process [31]. The jagged edges of bio-C-1000 may be due to the collapse of the internal
structure. HRTEM was used to further characterize the morphology and microstructure
of the catalyst. In the bright field image (Figure 3g), it can be observed that the surface of
the catalyst with sheet-like morphology has uniformly distributed mesopores and only
short-range ordered ones. N-doped carbon fringes do not exhibit any long-range ordered
lattice fringes, indicating no crystalline species in the catalyst, which is mutually confirmed
by the results of PXRD, as discussed above. The results show that the prepared bio-C-900
material has abundant pore structures.
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3.1.3. Fourier Transform Infrared (FTIR) Spectrum of Bio-27-Derived Carbon

Analysis via FTIR spectroscopy was carried out in order to investigate the various
surface functional groups. According to Figure 4, the stretching vibrations of O-H and
N-H can be found at around 3400 cm−1 [32]. The band at 2100 cm−1 is ascribed to the
C=C=C stretching vibration [33]. The C=O stretching vibration is responsible for the band at
1650 cm−1 [32], while the N-H in-plane and out-of-plane bending vibrations are responsible
for the bands at 1580 cm−1 and 850 cm−1, respectively [32]. Furthermore, the bands at
1380 cm−1 and 1070 cm−1 are attributed to C-O stretching vibrations and C-N stretching
vibrations [32,34], respectively, indicating the existence of nitrogen and oxygen functional
groups on bio-C.
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3.2. Adsorption Experiments
3.2.1. Pseudo-Second-Order Adsorption Kinetics of SMX

Within a contact time of 45 min, the impact of bio-C-T materials at various pyrolysis
temperatures on SMX adsorption was examined. The results are displayed in Figure 5a.
To fit the experimental data, a pseudo-second-order kinetic model was applied, and the
relevant fit plots were produced. The model compound’s adsorption of the adsorbent is
indicated by the variables Qt and Qe in the equation at reaction time t (min)—when the
reaction achieves saturation equilibrium. Qe and v0 represent the adsorption amount and
the initial adsorption rate (mg/g·min), respectively. According to Table 3, bio-C-900 has
the highest Qe (100.85 mg/g) and the best adsorption capacity of SMX among the series
of bio-C-T materials. In addition, its v0 (315.29 mg/g·min) is the highest among all the
prepared materials. The mass transfer resistance of bio-C-900 to SMX is substantially lower
than that of the manufactured bio-C at other temperatures, and its adsorption sites are more
readily accessible to SMX. Additionally, its v0 is more than 30 times that of bio-C-1000. We
therefore hypothesize that surface area has a close relationship with the adsorption amount
of SMX in this study. A higher surface area should favor a higher adsorption amount.

Table 3. Pseudo-second-order adsorption kinetics fitting values.

Materials k (g/mg·min) Qe (mg/g) v0 (mg/g·min) R2

Bio-27-500 —— 1.65 —— 0.99
Bio-27-800 0.0059 27.27 4.38 0.98
Bio-27-900 0.031 100.85 315.29 0.93
Bio-27-1000 0.0021 70.79 10.52 0.98

On the other hand, large pore sizes could enhance the adsorption kinetics [35]. Similar
results can be found in the adsorption process by other porous material [36]. For example,
Guo found that the introduction of mesopores above 2 nm can greatly increase the pore
volume. The graphene oxide/carbon composite nanofibers with abundant mesopores pre-
pared in this study achieved improved adsorption capacity for volatile organic compounds
(VOCs), and the highest adsorption capacity values for benzene and butanone reached
83.2 cm3 g−1 and 130.5 cm3 g−1, respectively. According to Table 2, we can know that the
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pore volume of bio-C-T-series materials was also greatly improved after the appearance of
mesopores, which is consistent with the experimental results.
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3.2.2. Effect of Reaction Time

The elimination of SMX was compared over bio-C-900, AC, and ZIF-8 (Zn as the metal
center). The ZIF-8-C obtained after carbonization at the same temperature was applied
in an adsorption experiment for removing SMX with an initial concentration of 10 ppm
for 60 min. As shown in Figure 6a, bio-C-900 showed ultra-fast adsorption behavior, with
55% removal within only 15 s. A higher removal rate of 90% could be achieved within only
10 min. After reaching adsorption saturation, the removal rate of SMX by bio-C-900 can
reach 98.7%. In comparison, the removal rates for SMX over AC and ZIF-8-C were 36.5%
and 9.7%, respectively. Two models, the Elovich model and the second-order kinetic model,
were applied in Table 4. The Elovich kinetic fitting formula (Equation (3)) is as follows:

Qt = A + b × ln t (3)

where A and b are both Elovich constants. The fitting degree of the two models is very high,
indicating that the adsorption process of the adsorbent includes both chemisorption with
electron transfer and electron transfer during the pseudo-second-order kinetic process.
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Table 4. Langmuir and Freundlich adsorption isotherm model.

Langmuir Model Freundlich Model

Sample Qmax (mg/g) KL (L/mg) R2 KF (mg g−1(L mg−1)1/n) n R2

Bio-C-900 350.90 0.061 0.99 53.23 2.47 0.96
AC 76.96 0.025 0.98 29.79 4.03 0.82

ZIF-8-C 26.44 0.027 0.99 10.88 4.32 0.88

3.2.3. Effect of Initial Concentration

The amount of adsorption increases with increasing initial concentration and reaches
saturation for bio-C-900, AC, and ZIF-8-C, as well as for adsorbents over the studied
concentration (Figure 7). At initial concentration of 20 mg/L, 86.6% of SMX could be
removed by the bio-C-900 sorbent. When the initial concentrations were 40, 50, 60, and
80 mg/L, SMX was partially removed with efficiencies of 58.3%, 53.1%, 44.8%, and 32.7%,
respectively. Such a phenomenon can be explained by the limited adsorption sites of
the same adsorbent. The adsorption capacity increases with a higher concentration of
adsorbate. This demonstrates that the initial concentration should limit the adsorption
amount because the adsorption sites are sufficient [37]. In addition, the data were fitted
using the Langmuir and Freundlich equations.

Qe = Qmax ×
KLCe

1 + KLCe
(4)

Qe = KFCe
1
n (5)
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The adsorption capacity of SMX over bio-C-900 was 4.6 and 13.3 times higher than
those of AC and ZIF-8-C, respectively. The KL value indicates that SMX is more easily
removed by bio-C-900, confirming that the prepared bio-C-900 could have relatively better
adsorption properties than those of conventional materials. The adsorption of SMX over
bio-C-900 tends to be homogeneous monolayer adsorption [38] because the Langmuir
model linear fitting result (R2 = 0.99) is slightly better than that in the Freundlich model
(R2 = 0.96). Therefore, the material tends towards homogeneous monolayer adsorption.
In addition, the maximum adsorption capacity of SMX over bio-C-900 (350.90 mg/g) was
3.6 times higher than that over AC (76.96 mg/g), which further proved that bio-C-900 is
conducive to the transport of substrates on its surface and pores. The heterogeneous multi-
layer adsorption effectively improves the adsorption capacity and adsorption kinetics. The
specific fitting data are shown in Table 4 below.
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3.3. Exploring the Adsorption Mechanism for Micropollutants

To gain more insight into the reaction mechanism, the effect of solution pH (3~9)
was evaluated in Figure 8a. As seen in Figure 8, the removal percentages of SMX varied
significantly with initial pH values. SMX is an amphiphilic molecule with two pKa values
(pKa1 = 1.8 and pKa2 = 5.6) [39]. When the solution pH is higher, SMX is prone to exist in
its deprotonated form with a negative charge. The zeta potential can be found in Figure 8b.
As a result, the adsorption amount decreased obviously, probably because of electrostatic
expulsion. However, in an acid environment, SMX is usually protonated, with a positive
charge, which could lead to a decrease in electrostatic interaction. However, the adsorption
performance for the removal of SMX is higher at pH values ranging from 3 to 5. Thus,
several major mechanisms could co-exist to contribute to the high adsorption amount. For
example, the solubility of SMX is lower in an acid environment, and it is very slightly
soluble in water but is soluble in alkali hydroxides, as previously reported [40,41]. The
properties of hydrophilic interaction should be considered.
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To further evaluate the adsorption performance for pharmaceuticals with diverse
structures, the adsorption behavior for six pharmaceuticals—ketoprofen (KP), antipyrine
(AT), ibuprofen (IBU), chloramphenicol (CAP), paracetamol (PC), and sulfamethoxazole
(SMX)—were studied. Obviously, we found that the adsorption performance (removal
percentages within 45 min reaction time) correlated well (R2 = 0.97) with the physical–
chemical parameter log Kow of each pharmaceutical. The log Kow values of ketoprofen
(KP), antipyrine (AT), ibuprofen (IBU), chloramphenicol (CAP), paracetamol (PC), and
sulfamethoxazole (SMX) were 3.12, −1.55, 0.45, 1.1, 1.58, and 0.89 [42–45], respectively.
Tung Xuan Bui et al. found a linear relationship between log Kow and adsorption amount
at a wide range of pH values for 12 drugs, indicating that the adsorption of drugs on
TMS-SBA-15 is mainly driven by hydrophobic interactions [46]. Taku Matsushita [47]
et al. evaluated the adsorption capacity of nine activated carbons for geosmin and 2-
methylisoborneol (MIB) and showed that hydrophobic materials enhance the adsorption.
Based on the above discussion, hydrophobic interactions are dominant in this adsorption
mechanism. Based on the discussion above, the proposed mechanism is shown in Figure 9b.
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4. Conclusions

In summary, a novel MOF-derived carbon has been designed and synthesized for the
first time. A mixed ligand approach has been applied to successfully synthesize bio-27 via
the solvothermal method. By pyrolyzation at different temperatures, the optimal condition
at 900 ◦C was selected to generate a novel heterogeneous porous carbon with the highest
surface area (SBET = 980.5 m2/g) and a large pore volume (0.496 cm3/g). The maximum
saturated adsorption capacity for sulfamethylthiazole (SMX) over MOF-derived carbon can
reach 351.3 mg/g with a fast initial adsorption rate of 315.29 (mg/g·min). The adsorption
capacity calculated by the Langmuir model (R2 = 0.99) for SMX over bio-C-900 was 4.6 and
13.3 times more than the values for AC and ZIF-8-C, respectively. Hydrophobic interaction
should be one of the major mechanisms for the material’s adsorption in water. This study
offers a strategy to develop novel carbon materials to remove pharmaceuticals from water.
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Abstract: In the present study, heterogeneous electro-Fenton (HEF) process using MnFe2O4-GO
catalyst is employed for the successful removal of dye from aqueous solution. Pt coated over titanium
and graphite felt were used as the electrodes. The study focuses on the efficiency of the electrodes
and catalyst used for the successful removal of Rhodamine B (RhB) from aqueous solution and the
application of the same in real textile wastewater. The effect of various operational parameters like
pH, applied voltage, catalyst concentration, initial pollutant concentration and effect of ions were
investigated. The optimized condition of the electrolytic system was found as pH 3, applied voltage
of 3 V, and catalyst concentration of 20 mg L−1 for the removal of 10 ppm RhB. At the optimized
condition, 97.51% ± 0.0002 RhB removal was obtained after an electrolysis time of 60 min. The role
of individual systems of Fe, Mn, GO and MnFe2O4 without support were compared with that of
catalyst composite. On examining the practical viability in real textile effluent, a significant colour
reduction was observed (reduced by 61.24%± 0.0261 in 60 min). Along with this, the biodegradability
enhancement (BOD/COD ratio from 0.07 to 0.21) after treatment was also observed.

Keywords: heterogeneous electro-Fenton; composite catalyst; Rhodamine B dye; textile wastewater;
biodegradability; advanced oxidation processes

1. Introduction

Textile effluent, defined by a solid colour, soluble dyes, and organics, makes up half
of all industrial wastewater in the world [1]. India stands second in the world in the
production of textiles and fabrics [2]. Additives used in the textile industry for various soft-
ening and polishing purposes include colouring pigments, such as dyes and surfactants [3].
Synthetic dyes in the textile effluent maintain their colour and structural integrity under
extreme weather situations and exhibit a strong resistance to microbial degradation [4,5].
They take a long time to degrade when exposed to the environment. These toxic organic
pollutants generated from textile industries can affect living beings and can cause serious
threats to humans and the environment. Synthetic dyes cause a wide range of health
effects on living beings. They impart colour to the aquatic environment, even in a small
concentration [6]. Synthetic dyes possess carcinogenic, mutagenic and genotoxic properties,
prolonged exposure to which can cause human health effects, including skin/eye irritation,
neurotoxicity, and endocrine disruption [7,8]. Based on the types of dyes and accompany-
ing chemicals employed, the behavior of textile discharge changes [9]. Textile wastewater
usually has a low BOD to COD ratio (less than 0.1) making it unfit for biodegradation [10].
The effluent has to be treated effectively before discarding into the environment [11].

Electrochemical advanced oxidation processes (EAOPs) are one of the most environ-
mentally benign processes for wastewater treatment, because the reagent utilized is the
electron, and the oxidizing agents, such as hydroxyl radical, are in-situ generated [12]. The
process is considered to be very effective since it is ecologically friendly and can create good
amount of hydroxyl radicals by controlling the applied current [13]. It is considered as an
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effective method for the treatment of dyes, as the dye compounds are readily converted
into carbon dioxide, water and other inorganic ions [5].

The electro-Fenton (EF) process is the most accepted EAOP, due to the benefits such as
a broad application range, excellent anti-interference ability, ease of operation, and rapid
pollutant removal and mineralization efficiency [14–16]. For the past few years, EF has
been the most employed EAOP method and is considered most effective due to its ability
to eliminate refractory compounds [17,18]. The efficacy of the EF procedure as a tool for
removing dyes from water medium has been established [19].

The EF system is supplied continuously with air or oxygen and H2O2 is in-situ formed
by the two-electron reduction of oxygen (Equation (1)) at the cathode. The •OH are
generated in the system by the Fenton reaction (Equation (2)), by the electrogenerated
H2O2 at the cathode and Fe2+ catalyst added to the system [20]. The Fe2+ that is used by
the system is then regenerated by the cathodic reduction of Fe3+ (Equation (3)) [21,22]. The
formation of OH takes place, preferably in acidic media [23,24].

O2 + 2H+ + 2e− → H2O2 (1)

Fe2+ + H2O2 → Fe3+ + •OH + OH− (2)

Fe3+ + e− → Fe2+ (3)

The EF process can be classified into two types, based on the catalyst used. The process
can be said to be a homogenous electro-Fenton process, if the externally added catalyst is
soluble in the system. If the catalyst is not soluble or is barely soluble in the system, the
process is known as heterogeneous electro-Fenton (HEF). In a homogeneous system, the
catalytic process takes place in the bulk liquid phase, whereas the catalytic process occurs
on the surface of the catalyst in a heterogeneous system [25,26]. The mechanism of both the
process is more or less similar. In HEF, the solid iron or its minerals helps in the generation
of •OH [27].

The main advantage of HEF process over conventional EF process is that, the hetero-
geneous catalyst can be recovered and reused after the Fenton process. This lowers the cost
of operation and reduces catalyst wastage. The HEF process could work in an extended
range of pH. This way adjusting the pH of the solution in the conventional Fenton process
can be avoided. All the reactions associated with the process occur at the catalyst surface.
The ferric or ferrous ion which is present in the catalyst do not form hydroxyl complexes as
they are mostly in the stable form. The production of iron sludge is also reduced by the
HEF process [28].

HEF employing iron-based clays, zero-valent iron, iron oxide minerals and iron-
containing materials, has generated a lot of interest. The material must have robust catalytic
activity that is unaffected by experimental conditions, particularly pH, as well as high
stability to ensure reusability across several runs [17]. The most extensively used catalysts
are hematite, goethite, and magnetite because of their specific properties [29]. Iron oxides
are considered as environmentally acceptable Fenton catalyst, as they are abundant in
nature and are easy to synthesize, making them low cost [23]. Recently, various transition
metals such as cobalt, copper, nickel, vanadium and manganese have been utilized as solid
catalysts with iron/iron oxides [17]. Adding transition metals such as Cu, Mn and Ni in
Fe3O4 is reported to be effective for the increased catalytic activity [30]. Since graphene
has been discovered to considerably enhance catalyst activity, researchers have hybridized
metal oxides with graphene for its immense supporting power [31]. In the present study,
an approach has been made to combine the iron and transition metals with a support of
graphene oxide (GO) to develop a heterogeneous catalyst and to examine its efficiency for
the removal of RhB dye. For the remediation of various pollutants, such as pharmaceuticals,
etc., the combination of these has shown to be successful [32,33]. When manganese was
present in a magnetite structure, the rate of H2O2 decomposition for the breakdown of
organic molecules increased noticeably [34,35].
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A number of studies have been conducted on the removal of RhB from aqueous
solution using HEF. Jinisha et al. [36] used iron-doped SBA-15 mesoporous silica as a
heterogeneous catalyst for the effective removal of RhB from aqueous solution. The authors
used graphite felt as both anode and cathode. Tian et al. [37] used sponge iron as the catalyst
along with gas diffusion electrodes (GDE) for RhB removal. Zheng et al. [38] studied the
removal of RhB from aqueous solution using NiFe2O4/Fe2O3 (a charcoal shaped catalyst)
as the heterogeneous catalyst and graphite as the electrodes. The importance of Mn based
ferrites for HEF is found nowhere in the literature.

This study aims to develop MnFe2O4-GO as the heterogeneous EF catalyst for the
effective removal of RhB dye from aqueous solution. Pt coated over titanium was used
as the anode and graphite felt was used as the cathode for the in-situ generation of H2O2.
The effects of various operational parameters including pH, applied voltage, catalyst
concentration, pollutant concentration, and the effect of ions were studied and the process
was optimized. The optimized conditions were applied to the real textile wastewater and
the rate of removal was investigated.

2. Materials and Methods
2.1. Chemicals and Reagents

Analytical grade chemicals including RhB (C28H31ClN2O3) supplied from Loba Chemie
(Mumbai, India) were used for the experiments. Ferric chloride anhydrous (FeCl3, ≥98%)
purchased from Merck (Mumbai, India), manganese chloride (MnCl2·4H2O, ≥ 95%) pur-
chased from Sisco Research Laboratory (Mumbai, India), sodium acetate (CH3·COONa·3H2O,
99.0–101.0%) purchased from Qualigens were used for the synthesis of MnFe2O4 catalyst.
Graphite powder (99.5%) for the synthesis of graphene oxide (GO), was purchased from S
D Fine Chemicals (Chennai, India).

Other chemicals, including potassium dichromate (K2Cr2O7, ≥99.0%), potassium
dihydrogen phosphate (KH2PO4, ≥99.5%), di-potassium hydrogen phosphate (K2HPO4,
≥99.0%), ammonium chloride (NH4Cl, ≥99.0%), sodium thio sulphate (Na2S2O3, ≥99.5%),
t-butanol((CH3)3COH, ≥99%), sodium hydroxide pellets (NaOH, ≥ 97%), sodium azide
(NaN3, ≥99%), Benzoquinone (≥98%), Phenanthroline (C12H8N2·H2O, ≥99.5%), copper
sulphate (HgSO4,≥99.5%), silver nitrate (AgNO3,≥99.5%), silver sulphate (AgSO4,≥98%),
magnesium sulphate (MgSO4, ≥98%), sodium sulphate (Na2SO4, ≥99.0%), potassium
permanganate (KMnO4, ≥99.0%), and manganese sulphate (MnSO4·H2O, ≥98%), were
procured from Merck. Sodium chloride (NaCl, ≥99.5%), sodium bicarbonate (Na2CO3,
≥99.9%), di sodium hydrogen phosphate (Na2HPO4·7H2O, ≥99.9%), magnesium sulphate
(MgSO4·7H2O, ≥99.9%), calcium chloride (CaCl2, ≥98%), ferric chloride (FeCl3·6H2O,
≥98%), ferrous ammonium sulphate ((NH4)2(SO4)2·6H2O, ≥99%), were procured from
Fisher Scientific. Ammonium acetate (CH3COONH4, ≥98%), hydroxyl amine (NH2OH,
≥96%), and potassium iodide (KI, ≥99%) were purchased from Qualigens.

Solvents including ethylene glycol (HOCH2- CH2OH, ≥99.0%), glycerol and ethyl
alcohol (C2H5OH, ≥95%) from Merck, and poly-ethylene glycol (99.9%) from Qualigens,
were used for different analytical experiments. Sulphuric acid (H2SO4, 95.0–98%) and
ferroin indicator from Merck, and phenolphthalein supplied from Rankem, were used for
the experiments.

2.2. Electrodes

Pt coated over titanium plates procured from Titanium Tantalum Products Limited,
Chennai, India, was used as an anode and graphite felt was used as a cathode.

2.3. Preparation of Heterogeneous Catalyst
2.3.1. Synthesis of Graphene Oxide (GO)

For the synthesis of graphene oxide (GO) from natural graphite powder, a modified
version of Hummers’ method combined with laboratory optimizations, as mentioned in
our earlier work [39], was used. In a water bath, 1 g of the graphite powder was mixed
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with 68 mL of conc. H2SO4 and mixed thoroughly for 1 h. While keeping the ice bath
conditions (to keep the temperature below 20 degrees), 4 g KMnO4 was added gradually
(1 g at a time). The resultant mixture was agitated at room temperature for 6 h, until the
solution changed colour from green to dark brown–black. The oxidation was then stopped
by drop-wise addition of 140 mL of double-distilled water (DDW), which followed by 5 mL
H2O2 addition. Finally, the metal ions were removed by washing the mixture three times
with 10% HCl.

Washing with DDW was repeated (by centrifugation at 7500 rpm) until the pH of the
supernatant liquid approached neutral condition. The addition of silver nitrate confirmed
the removal of chloride from the supernatant. After drying at 40 ◦C in a hot air oven, the
resultant solid was pulverized [39].

2.3.2. Synthesis of Manganese Ferrite Supported on GO

To synthesize MnFe2O4–GO composite, the facile solvothermal reduction was used.
To a 250 mL volumetric flask containing 40 mL ethylene glycol (EG), 0.0387 g of GO was
added. The mixture was kept in a bath sonicator for 1 h for the effective dispersion of
GO. 0.811 g ferric chloride and 0.3010 g manganese chloride was added. The mixture
was kept for magnetic stirring between 650–700 rpm until the FeCl3 and MnCl2 added
were completely dissolved. A total of 3.6 g sodium acetate (CH3.COONa.3H2O) followed
by 1 mL polyethylene glycol (PEG) were added to the above mixture and agitated at
550 rpm for 1 h. The agitated mixture was then transferred to a Teflon-lined stainless steel
autoclave and kept for 6 h at 200 ◦C. After cooling, the precipitate was then separated using
a magnet. The dark brown precipitate was washed thrice with ethanol and DDW. The
washed precipitate was then vacuum dried for 6 h. After cooling, it was powdered and
used for experiments [39]. EG used in the preparation acted as both solvent and reducing
agent [39].

To find out the role of Fe, Mn, GO and spinel structure in the catalyst, the above
method was followed. Catalysts were prepared by adding Fe only (MnCl2 was not added),
Mn only (FeCl3 was not added), GO only (both FeCl3 and MnCl2 was not added) and
MnFe2O4 without support (GO was not added).

2.4. Catalyst Characterization

The structural characterization of the laboratory-synthesized catalyst was done using
X-ray powder diffraction (XRD, Bruker D8 Advance). The functional groups present on
the surface of the catalyst were detected by Fourier transform infrared (FTIR) spectroscopy
(FTIR, Bruker, Germany). The size of the prepared catalyst was determined by transmission
electron microscope (TEM, Tecnai G2 20 S-TWIN).

2.5. Experimental Procedure

Electrolytic experiments were carried out in a reactor of 1 L capacity. A 1000 mL
solution containing of 10 ppm RhB was prepared at the beginning of each experiment.
Initial pH was maintained at 3 for all the experiments, except those in which the effect of
different pH was examined. pH was adjusted using 0.1 N H2SO4 and 0.1 N NaOH. pH was
monitored using a Laqua pH meter (Horiba scientific). Two anodes and two cathodes of
size 5 × 8 cm with a 1 cm inner electrode spacing were used for the experiments. Using
a commercially available fish aerator, a continuous supply of air was fed into the system
until the end of the experiments. After an aeration time of 5 min, catalyst was added. The
electrodes were connected to a DC power supply (make: Crown). The experimental setup is
shown in Figure 1. Samples were collected at 15 min intervals and stored in the refrigerator
in brown vials to avoid further degradation or reaction. The residual RhB present in each
sample was measured using a UV/Vis spectrophotometer (UV-1900I, Shimadzu, Japan)
at 555 nm (which is the peak wavelength of RhB). All the experiments were conducted
at room temperature. The effect of different operational parameters such as pH, voltage,
catalyst concentration, and pollutant concentration were also studied.
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Figure 1. Schematic diagram of the experimental setup.

2.6. Real Textile Wastewater: Collection and Analysis

Real textile wastewater was collected from an industry situated in Mumbai, Maha-
rashtra, India. A 10 L sample was collected, sealed tightly and stored in the refrigerator.
Parameters including total dissolved solids (TDS), total solids (TS), chloride, sulphate,
biological oxygen demand (BOD), chemical oxygen demand (COD) were analyzed as per
the standard methods [40]. pH and electrical conductivity of the wastewater at room
temperature were recorded using a Laqua pH meter (Horiba scientific). The absorbance of
the wastewater was recorded using a UV/Vis spectrophotometer (UV 1900 I, Shimadzu,
Japan). Using a total organic carbon (TOC) analyser (Shimadzu, Japan, Model: TOC Veph),
the TOC content of the real textile wastewater was determined.

2.7. Energy Consumption

The specific energy consumption with different applied voltages was found using the
equation mentioned in [41].

Q =
VIt
m

(4)

where Q = specific energy consumption (KWh−1), V = applied voltage (V), I = current (A),
t = electrolysis time (min), m = change in concentration.

2.8. Leaching of Catalyst

The quantity of Fe leached was quantified using a 1.10-phenanthroline method by
spectrophotometric quantification. The quantity of Mn leached from the catalyst was
quantified using ICP-OES (iCAP-7400, Thermo Fisher Scientific, Waltham, MA, USA).

3. Results and Discussions
3.1. Characterization of the Catalyst

XRD, TEM and FTIR were used to characterize the MnFe2O4–GO catalyst. XRD pat-
terns provide the crystal structure and phase information of the catalyst [42]. Figure 2a
illustrates the XRD pattern of MnFe2O4–GO. The obtained diffraction peaks are similar
to that of JCPDS 38-0430. The peaks observed at 2 θ values of 16.92, 29.59, 35.75, 36.32,
42.92, 52.59, 56.01, 63.96, 76.64, which can be indexed as (111), (202), (311), (222), (004),
(422), (333), (440), and (533) planes, respectively. Similar patterns of MnFe2O4 were ob-
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served earlier [42,43]. The peak observed at the 2 θ value of 7.69 corresponds to the (001)
characteristic plane of GO [44]. The presence of a GO peak indicates the ethylene glycol
is insufficient to convert GO to rGO when more than one metal oxide is present during
the solvothermal process, whereas this conversion is viable when only one metal oxide is
present, as reported in our previous study [39]. This may be because the amount of solvent
and time taken for the synthesis may not be enough for the reduction of GO [45].

Figure 2. XRD pattern of MnFe2O4–GO (a) TEM images of MnFe2O4–GO (b), (c), FTIR spectrum of
MnFe2O4–GO (d).

The shape, size and distribution of particles can be found using a TEM [46]. Figure 2b,c
shows the TEM images of the catalyst composite synthesized. From Figure 2b,c, the
irregular rough surface MnFe2O4 can be observed, indicating the small MnFe2O4 particles
are clustered together to form a spherical aggregate, with a diameter of 132 ± 92 nm. The
presence of GO sheets is evident in Figure 2c. On further examination of Figure 2b,c, the
different stages of spherical structure development indicate that aggregation and particle
growth are not completed and are at different phases.

The FTIR spectrum of MnFe2O4 -GO is shown in Figure 2d. As illustrated in the figure,
bands of functional groups such as –OH, –C=O, C– H, C–O–C/C–O–H, –C=C, and –C–O
were obtained at around 3403.9 cm−1, 2917.8 cm−1, 1581.6 cm−1, 1125.5/1437.3 cm−1, and
1081.3 cm−1, respectively. The bands observed at 580 cm−1 and 443 cm−1 can be attributed
to the bonds corresponding to Fe-O and Mn-O, respectively [47,48]. The presence of oxygen
functionalities implies the presence of GO [45].

3.2. Rhodamine B Degradation in MnFe2O4–GO-Based Electro-Fenton System
3.2.1. Comparison between Different Processes

During HEF treatment of dye, a combination of various processes such as adsorption,
anodic oxidation (AO), and AO+H2O2 may be contributed. In order to determine the
contribution of these processes, degradation of RhB in different individual processes was
carried out. Adsorption of dye on catalyst was analyzed in the absence of current supply

98



Water 2022, 14, 3350

and aeration. The effect of AO was investigated by applying electricity to the electrochem-
ical system without providing catalyst and aeration. AO + H2O2 was carried out in the
electrochemical system with electrodes, and external aeration without the addition of the
catalyst. The other experimental conditions were pH 3, applied voltage of 3 V and initial
pollutant concentration of 10 ppm.

Figure 3a depicts the degradation rate achieved with different processes. The different
degradation percentage obtained by the individual process is as follows: 12.36%± 0.0028 by
adsorption, 64.91% ± 0.0439 by AO, 90.42% ± 0.0395 by AO + H2O2 and 97.52% ± 0.0002
by HEF process. On examining the kinetics, all the above individual process follows first-
order kinetics. The first-order rate constant of each process are as follows: adsorption
(0.0024 min−1), anodic oxidation (0.019 min−1), anodic oxidation combined with aeration
(0.04 min−1) and HEF (0.079 min−1). Even though AO + H2O2 and HEF showed comparable
dye removal within 60 min, the reaction rate of HEF is found to be double than that of
AO combined with aeration. Thus, the addition of catalyst can significantly enhance the
pollutant removal in EF.

Figure 3. (a) Degradation of RhB with different process with rate of reaction in inset (b) Effect of
catalyst dosage (c) Effect of pH (d) Effect of Initial dye concentration.

Similar results were obtained in HEF treatment of tannery wastewater [49]. The author
used Fe3O4/Mn3O4/ZnO–rGO hybrid quaternary nano-catalyst. Graphite was used as
the cathode and Ti/IrO2/RuO2 as the anode. The authors compared different processes
of HEF, AO + H2O2, AO and adsorption. Higher degradation was obtained by HEF with
97.08% removal. A study by Jinisha et al. [36] compared electro-sorption, adsorption and
HEF process. Higher degradation was shown by HEF (97.7%) process. A study conducted
by Bedolla-Guzman and co-workers [50] compared the efficiency of AO + H2O2 and EF
process in reactive yellow 160 dye with boron-doped diamond (BDD) as the anode and
carbon polytetrafluorethylene (PTFE) as the cathode with Fe2+ as catalyst. The authors
achieved higher efficiency with the EF process (91%). The study on the degradation of
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sunset yellow FCF azo dye [51] revealed that on comparison of AO−H2O2 and EF, the
authors achieved higher degradation with EF. Only 88% dye was removed by AO−H2O2 in
360 min, whereas in EF around 50% dye was removed within 5 min, which fully decolorized
in 45 min.

3.2.2. Effect of Catalyst Dosage

The catalyst dosage has a crucial role in the HEF process [52]. In order to optimize the
catalyst dosage, HEF treatment was carried out by varying the catalyst dosage (5 mg L−1,
10 mg L−1, 20 mg L−1 and 50 mg L−1). As illustrated in Figure 3b, on increasing the catalyst
dosage from 5 mg L−1 to 10 mg L−1, RhB removal slightly improved from 93.09% ± 0.0081
to 94.02% ± 0.0123. As, Fe2+ generation is less at lower catalyst concentrations, the produc-
tion of hydroxyl radical is also less, which explains the lesser efficiency in degradation at
5 mg L−1 catalyst concentration [23,41,53]. When increasing catalyst dosage to 20 mg L−1,
a sharp increase in pollutant removal was evident, as RhB removal reached 97.51%± 0.0002
within 60 min. Whereas, further increase in catalyst dosage lowered the RhB removal (re-
duced to 95.81% ± 0.0066).When excessive catalyst concentration is present in the system,
the generated hydroxyl radicals could be scavenged and could lead to hydroperoxyl radical
formation which has less oxidation potential than •OH (Equations (5)–(7)) [23,53,54]. Thus,
the optimized catalyst concentration is taken as 20 mg L−1 for all further experiments.

Fe2+ + HO• → Fe3+ + OH− (5)

Fe2+ + H2O2 → Fe−OOH2+ + H+ (6)

Fe−OOH2+ → HO•2 + Fe2+ (7)

3.2.3. Effect of pH

The solution pH is a decisive parameter of the Fenton process [55]. An acidic pH,
preferably pH 3, results in more radical generation, thus more activity. To determine the
optimum pH for the HEF process, experiments were carried out under different pH of 2, 3,
7, 9, and 11. As Figure 3c indicates, higher RhB degradation is evident at acidic conditions (2
and 3). At pH 2, RhB removal of 97.72% ± 0.0021 and at pH 3, removal of 97.52% ± 0.0002,
were observed. Whereas at neutral pH, only 18.08% ± 0.0765 of RhB was removed. At
pH 9, 18.37% ± 0.0082 and at pH 11, 25.06% ± 0.0077 removal, were obtained.

Many studies reported the higher degradation of compounds at pH 3. Zheng et al. [38]
observed a high degradation in RhB at pH of 3 on using NiFe2O4/Fe2O3 as the hetero-
geneous catalyst with graphite felt as the electrodes. Nidheesh et al. [54] studied the
degradation of RhB using magnetite as the catalyst and graphite as the electrode. The
authors also obtained higher efficiency at the pH of 3. Fayazi and Ghanei-Motlagh, [56]
obtained higher degradation efficiency of methylene blue at pH 3 when sepiolite/pyrite
composite was used as the catalyst, and graphite and platinum sheet was used as the
electrodes. On the degradation of Ponceau SS dye using heterogeneous electro-Fenton
process, dos Santos et al. [57] observed higher degradation at pH 3, when vermiculite was
used as the catalyst.

For pH above 5, precipitation of ferric oxyhydroxide (FeOOH2+) and ferric hydrox-
ide (Fe(OH)3) by ferric ions takes place terminating the Fenton reaction [58,59]. Forma-
tion of ferric hydroxides of iron species occurs at higher at higher pH values leading
to the lowering of Fe2+/Fe3+ ratio [23,60,61]. For the formation of H2O2, H+ is needed
(Equation (1)). H+ is available only in acidic conditions. So, pH 3 is taken as optimum pH
for further experiments.

3.2.4. Effect of Voltage

For achieving better process efficiency and for the formation of Fenton reagent, applied
voltage or current density is a crucial parameter [12]. The effect of different applied
voltages ranging from 1 V to 5 V were scrutinized to find out the optimum voltage. As the
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applied voltage was increased, the degradation also increased and after a certain range the
degradation rate decreased. When the applied voltage was 1 V, the removal percentage
was 22.15% ± 0.0414; on increasing the applied voltage to 2 V, degradation enhanced to
37.32% ± 0.0856. An upsurge degradation was achieved when the applied voltage was 3 V
i.e., 97.52% ± 0.0002. On applying a voltage of 4 V, a similar removal percentage of 3 V was
obtained (97.44% ± 0.0009) and was further decreased on applying 5 V (68.21% ± 0.0672).
The RhB removal attained with different applied voltages is illustrated in Figure 4a.

Figure 4. (a) Effect of voltage on RhB degradation. (b) Energy consumption with varying voltage.

The enhancement in degradation with increasing voltage is due to the increase in the
production of •OH [8,54]. Reduction in oxidation at higher voltages after a certain level is
due to the hydrogen gas evolution, decomposition of H2O2 (Equation (8)) and formation
of H2O.

2H2O2 → 4H+ + O2 + 4e− (8)

The energy consumption for the RhB removal via HEF is calculated for varying applied
voltages (Figure 4b). On comparing different voltages, 3 V showed significant reduction
in RhB concentration by utilizing the lower energy. In both higher and lower voltage
conditions, energy efficiency was less. Higher energy consumption will increase the cost of
the process and thus a voltage of 3 V was selected for further experiments [54].

3.2.5. Effect of Initial Dye Concentration and Electrolysis Time

The effect of RhB concentration in HEF activity was evaluated by changing the initial
pollutant concentration of 5 ppm, 10 ppm, 20 ppm and 50 ppm. The different removal
rates with different concentrations of initial dye are explained in Figure 3d. For 5 ppm
dye, 88.57% ± 0.0699 removal was observed which enhanced to 97.51% ± 0.0002 when
the dye concentration was increased to 10 ppm. Further increase in concentration affected
the efficiency drastically. When the initial dye concentration was 20 ppm, 50.36% ± 0.0472
removal was obtained, which lowered to 22.82%± 0.0335 when the initial dye concentration
was raised to 50 ppm.

Rate of removal of dye decreases with an increase in dye concentration [62]. The
decrease in removal of dye with an increase in concentration can be ascribed to the lesser
number of available •OH for the oxidation [25]. The lower pollutant removal in case of
initial dye concentration below 10 ppm is due to the insufficient radical generation. This
results in lower dye removal as collision between the particles is limited [54].

RhB degradation readily increases with electrolysis time. From Figure 3d, it is clear
that a good amount of RhB particles have been degraded within the first 15 min of the
electrolysis. As the time increased, around 97.51% ± 0.0002 was degraded from the system
at the end of 60 min. Nidheesh et al. [54,63] reported the increasing RhB degradation
with an increase in time. The decolorization rate was higher at the initial time intervals of
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electrolysis because of the higher formation of •OH. The degradation rate decreased as the
time increased, because of the decrease in collision of RhB molecules with •OH [54,63].

3.2.6. Effect of Ions

The effect of different anions such as chlorides, sulphates and carbonates on RhB
solution at optimized conditions was studied. Figure 5 illustrates the effect of various ions
on the degradation of RhB. 50 mg L−1 and 100 mg L−1 of each NaCl, Na2SO4 and Na2CO3
were added to the RhB solution.

Figure 5. (a) Effect of NaCl on the degradation of RhB. (b) Effect of Na2SO4 on the degradation
of RhB. (c) Effect of Na2CO3 on the degradation of RhB Experimental conditions: pH-3, Voltage–3,
Catalyst dosage- 20 mg L−1, Initial dye concentration-10 ppm.

When NaCl was added into the RhB solution, the removal percentage was 68.21%± 0.0189
for 50 mg L−1 of NaCl and 93.1% ± 0.0184 for 100 mg L−1 of NaCl. When 50 mg L−1

of Na2SO4 was added to the RhB solution the degradation percentage obtained was
59.35% ± 0.0265, and on addition of 100 mg L−1 the degradation obtained was
86.1% ± 0.0782. When 50 mg L−1 of Na2CO3 was added, the degradation percentage
obtained was 38.63% ± 0.0437, and 22.63% ± 0.0039 when 100 mg L−1 of Na2CO3 was
added. Among the different anions added, the presence of carbonates has shown a strong
influence in HEF activity. Whereas other ions such as chloride and sulphate inhibit HEF
activity at lower concentration, and on higher dosage, can result in supporting the HEF
activity via additional radical generation.

The presence of Cl− in wastewaters have a suppressing effect on AOPs as they are
said to have scavenging effect on •OH [64]. However, in this case, addition of chlorides
as well as sulphates does not diminish the degradation but on the contrary increased the
degradation with the increase of concentration. The upgrade in degradation with the
increase of sulphate concentration was reported by Zhou et al. [65]. The authors explained
the increase in degradation as the enhancement of current density with sulphate ions.
The comparative higher degradation in chloride media may be due to the formation of
active chlorine species [12]. The decrease in degradation in the presence of anions is
due to the scavenging effect of hydroxyl radicals by sulphate (Equation (9)) and chloride
(Equations (10) and (11) forming hydroxyl ions [54]. In the presence of carbonates, the
degradation of RhB is suppressed by the formation of FeCO3. Jinisha et al. [36] concluded
that the effect of anions like sulphates and carbonates does not influence the production
of H2O2.

HO• + SO2−
4 → OH− + SO−4 (9)

HO• + Cl− ↔ HOCl− (10)

HOCl−• + Cl− → Cl−2 + OH− (11)

3.2.7. Radical Scavenging Tests

To evaluate the contribution of various radicals such as hydroxyl radical on the surface
(•OHsurf) and on bulk (•OHbulk), super oxides (O2

−•) and singlet oxygen (1O2) scavengers
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such as t-butanol, KI, benzoquinone and sodium azide (NaN3) were utilized. The scavenger
t-butanol is known to have a good ability to scavenge •OH [12]. Benzoquinone was used
as superoxide radical scavenger [61]. The surface •OH present on the catalyst surface
are scavenged by KI [66]. The potential generation of singlet oxygen can be evaluated by
sodium azide [67].

As shown in Figure 6a, the surface •OH activity is insignificant, whereas the bulk
•OH radical strongly contributed to HEF activity. From Figure 6a, the non-radical pathway
via singlet oxygen is the predominant pathway of HEF activity, and followed the trend,
1O2 > •OHbulk > O2

−•.

Figure 6. (a) Radical scavenging tests with rate of reactions; (b) sodium azide quenching experiments
at different conditions.

To confirm the contribution of singlet oxygen in the system, quenching using NaN3
was conducted in the presence and absence of the MnFe2O4–GO catalyst. As illustrated in
Figure 6b, a strong presence of a non-radical pathway is evident in the AO + H2O2 system,
where the NaN3 lowered the RhB degradation rate to 0.0125 min−1, comparable to the HEF
with NaN3 (0.0105 min−1). This observation indicates the formation of 1O2 is not solely
from the catalyst.

Similarly, Lu et al. [68] reported the formation of singlet oxygen in the AO+H2O2
system in the presence of chloride (Cl−). Herein, the chloride presence is evident, and the
reasons might be (1) from the tap water used for making RhB-simulated water (37.7 mg L−1

of chloride), (2) Cl− release from the RhB structure due to degradation. So, the singlet
oxygen formation can be attributed to the singlet oxygen formation in chloride medium.

3.2.8. Role of Fe, Mn, GO and MnFe2O4

The individual contribution of Fe, Mn, GO and MnFe2O4 spinel structure in providing
HEF activity were investigated using catalysts prepared under respective conditions by
excluding other precursors involved. Because of the availability of numerous oxygen
functional groups, large surface area, electrical conductivity and mechanical stability,
graphene and GO are very promising support materials [69,70], and thereby enhance
catalytic activity [71]. The enhancement in catalytic activity of the L–GO–ZnO composite
on the photocatalytic activity of RhB was reported by Yaqoob et al. [10]. There are a few
studies in the literature which report the catalytic activity of GO [72]. Thus, the role of GO
alone is also examined to investigate the possibility of GO as a catalyst for HEF activity.
Figure 7a depicts the different degradation rates of RhB obtained under each condition.
From Figure 7a, it is clear that the catalyst works efficiently when it is in the form of spinel
structure with GO support with a rate of RhB removal of 0.079 min−1. In the case of GO, Mn,
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Fe and MnFe2O4 without GO, the rates of RhB removal were 0.0449 min−1, 0.0601 min−1,
0.0610 min−1, 0.0640 min−1, respectively (inset of Figure 7a). The GO solely does not
directly contribute to the HEF activity, as the RhB degradation in that case is similar to that
of AO + H2O2 (0.04 min−1). Similar results were obtained by Yao et al. [71]. In addition,
this study observed an additional benefit of GO in the catalyst composite development,
as the GO support contributed to lowering the solvothermal synthesis duration. In the
absence of GO, MnFe2O4 development required a minimum of 9 h, whereas in the presence
of GO, proper catalyst development was observed within 6 h of solvothermal treatment.

Figure 7. (a) Role of Fe, Mn and GO in catalyst with rate of reaction. (b) Leaching of Fe and Mn.

3.2.9. Leaching Studies

The stability of the as-synthesized catalyst was evaluated by analyzing the Fe and Mn
leaching using ICP-OES and 1,10- phenanthroline method [39]. The amount of leached
iron and Mn from the catalyst is illustrated in the Figure 7b. The amount of Fe2+ and total
iron in the initial 30 min showed no significant leaching. After 30 min, there was a gradual
increase in concentration, indicating the leaching of Fe2+ and total iron into the solution.
The amount of Mn leached out showed fluctuating results which indicated that no gradual
Mn release occurred.

3.2.10. Mechanism of Dye Removal

The mechanism involved in the HEF oxidation of RhB is given in Figure 8. The
Fe2+ from the catalyst decomposes in-situ generated H2O2 to form hydroxyl radicals
(Equation (5)) which degrade the RhB molecules into CO2, H2O and other byproducts. Mn
metal present in MnFe2O4 strongly accelerated the H2O2 decomposition, as in
Equations (12) and (13) [34,35]. The Fe2+ formation from Fe3+ occurred by electron loss
(which is explained by Equations (1)–(3)). All the possible reductions of Fe3+ to Fe2+ and
degradation occur at the cathode, as RhB is a cationic dye [54].

Mn2+ + H2O2 → Mn3+ + HO• + OH− (12)

Mn3+ + H2O2 → Mn2+ + HO•2 + H+ (13)

(RhB) degradation by reactive radicals is possible by ring-opening reaction and N-de-
ethylation pathways [63]. As explained in Section 3.2.1, the slow decolorization of the RhB
in AO + H2O2 system in the absence of catalyst may be facilitated by singlet oxygen. Singlet
oxygen can be possibly formed by deprotonization, followed by electron rearrangement of
oxygen molecules and disproportionation of H2O2 [73–75].

The results from this study compared with the efficiency of various catalysts in the
removal of various dyes using HEF process, and given in Table 1. From Table 1, it is clear
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that the use of MnFe2O4–GO composite catalyst in the present study has significantly
reduced the total electrolysis time, while keeping higher dye removal efficiency. The
efficiency of the process is higher when compared with the conventional EF process [13].

Figure 8. Mechanism of dye removal.

Table 1. Efficiency of various catalysts used for removal of dyes by electro-Fenton process.

Catalyst Used Dye Removed Efficiency of the
Catalyst Electrodes Used Electrolysis

Time Reference

MnFe2O4-GO Rhodamine B 97.51% colour
removal

Pt/Ti and graphite
felt 60 min Present study

Fe2+ Reactive yellow 160 91% colour
removal

BDD and air
diffusion cathode 360 min [50]

Fe2+ Alizarin red >95% TOC
removal Graphite felt 210 min [13]

Magnetite Rhodamine B 97.3% colour
removal Graphite 180 min [54]

Fe3O4 nanoparticles Methyl orange 86.6% colour
removal

RuO2/Ti and
C-PTFE 90 min [76]

Modified sponge iron Rhodamine B 99.71% colour
removal Pt sheet and GDE 120 min [37]

Iron doped SBA-15
mesoporous silica Rhodamine B 97.7% colour

removal Graphite 180 min [36]

Fe3O4/rGO Reactive red 195 93.34% colour
removal Stainless steel rods 60 min [25]

Vermiculite Ponceau SS 92.4% colour
removal

BDD and carbon
PTFE air diffusion

electrode
360 min [57]

3.3. HEF Activity in Real Textile Wastewater

The wastewater collected was slightly acidic in nature (pH of 5.34) and had a con-
ductivity of 13.2 mS cm−1. The optimized experimental conditions (pH-3, applied voltage
of 3 V, catalyst concentration of 20 mg L−1) were applied to the textile wastewater for
its effective treatment. The colour change was examined at a wavelength of 555 nm. As
illustrated in Figure 9, colour reduction of 61.4% ± 0.061 was obtained after HEF treatment.
The decolorization is caused by the breakdown of the dyes belonging to the chromogen
group into its by-products [77]. Similarly, Nidheesh et al. [63] found 97.5% colour removal
in textile wastewater by the HEF process. Colour removal in real textile water was inves-
tigated in batch and continuous modes by Nidheesh and Gandhimathi [77]. In the batch
study, there was 83% colour removal and in the continuous study, 68% colour removal
was obtained.
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Figure 9. Colour removal and COD (mg L−1) removal of real textile wastewater.

The COD were determined at different intervals to understand the degree of pollutant
mineralization. The COD removal within 1 h is shown in Figure 9. Fluctuating COD
percentage removal was observed. The abnormal result may be due to the mineralization
of the compounds and intermediates present in the wastewater [78]. The degradation of
complex organic pollutants, (non-detectable in COD analysis) to simpler organic pollutants
detectable in COD analysis may result in rising COD values during the HEF process [77].
In general, the dyes present in textile wastewater are aromatic compounds with multi-
ple aromatic rings and are not degradable by dichromate ions (used for COD analysis).
However, these compounds are degradable by hydroxyl radicals, as they have higher oxida-
tion potential than dichromate ions. However, the intermediate products and byproducts
formed during the HEF process may not be as stable as that of dye and can be degraded by
dichromate ions (thus, COD values will be provided by these compounds).

The TOC of the textile wastewater at different time intervals was determined, and the
values before and after treatment are shown in Table 2. The initial TOC of 1551 mg L−1

reduced to 1478 mg L−1 after an electrolysis time of 60 min, with an increase in BOD from
631.58 to 1894.74 mg L−1 (Table 2). The conversion of complex organic structures to simpler
biodegradable organic compounds, instead of total mineralization, could end up in lower
TOC removal with improvement in BOD [79,80]. Generally, carboxylic acids such as oxalic
acids are formed as intermediates in the degradation of dyes [81]. These compounds are
unable to be degraded with •OH due to their inefficiency [82], while microorganisms are
found to be effective for the degradation of organic compounds [83]. This might have
resulted in the increase in BOD.

Textile effluent characteristics before and after treatment were examined (Table 2).
A slight increase in chloride and sulphate values was observed after the treatment. The
increase in chloride and sulphate values may be due to the mineralization of chloride and
sulphate containing complex aromatics present in the wastewater. Textile wastewaters
are characterized by a high content of chloride in the range of 1600–2100 mg L−1, as
reported by the earlier studies [3]. Brillas et al. [5] suggested the increasing chances of
chlorinated compounds in the wastewater after electrochemical processes. Studies have
reported the increase in concentration of inorganics after electrochemical treatment [84].
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For the treatment of textile effluents, hybrid systems are considered, as they will resolve
the various limitations associated with the treatment using single systems. The increase in
chloride and sulphate after HEF treatment may affect subsequent treatment. For example,
AOPs followed by biological treatments are preferred because of the enhancement in
biodegradability after the treatment [85]. However, the increase in chloride and sulphate
can hamper the biological treatments [84]. Sodium and magnesium have been significantly
decreased after treatment. The BOD/COD ratio shot up from 0.07 to 0.21, indicating the
increase in biodegradability of the wastewater after treatment. Thus, the HEF process can
be effectively used as a pre-treatment process for wastewater.

Table 2. Physicochemical characteristics of textile wastewater.

Parameters Before Treatment After Treatment

BOD (mg L−1) 631.58 1894.74
COD (mg L−1) 8521.81 9028.43
TOC (mg L−1) 1551 1478

Chloride (mg L−1) 3830.12 4080.74
Sulphate (mg L−1) 3936.71 5111.11
Sodium (mg L−1) 3939 3631

Magnesium (mg L−1) 121 14

4. Conclusions and Future Perspectives

Solvothermally synthesized MnFe2O4 supported on GO was used as the catalyst for
the effective removal of RhB from aqueous solution by HEF process. The XRD, FTIR
and TEM confirmed the formation of MnFe2O4 over GO. The optimized experimental
conditions were found as pH 3, applied voltage of 3 V, catalyst concentration of 20 mg L−1

and initial pollutant concentration of 10 ppm. After an electrolysis time of 60 min, a removal
efficiency of 97.51% could be achieved with these optimized conditions. Bulk •OH and
super-oxides were found out to be the superior oxidants controlling the process. The role
of GO in catalyst was significant, as the time for the catalyst formation could be reduced.
Mn leaching from the catalyst was found to be insignificant. However, the leaching of iron
could be seen after an electrolysis time of 30 min. The optimized experimental conditions
were applied to the real textile wastewater and an efficient colour removal of 61.23% at
555 nm could be observed. A TOC removal of 4.71% was obtained. Even though the COD
results were fluctuating, an increase in BOD/COD ratio from 0.07 to 0.21 was observed after
treatment, which indicated that the biodegradability of the wastewater was significantly
enhanced. Thus, the HEF process could be used as an effective pre-treatment method
for wastewaters.

The main challenge faced during the HEF process was the need for frequent replace-
ment of the cathode, especially for the treatment of real wastewater. The efficiency of
the dye removal greatly depends on the cathode, and passivation of the cathode during
treatment will negatively affect its efficiency. Another challenge faced is associated with
the variation in the behavioural properties of the catalyst during multiple synthesis.

The need for pilot-scale research in textile wastewater has to be mentioned. Further
studies require an increase in the efficiency of textile wastewater in terms of colour and
COD, as well as TOC. The degradation of textile wastewater can also be found as a factor
of time, i.e., whether the optimized conditions will increase efficiency in extending the
electrolysis time. Biological studies can be conducted to confirm the biodegradability of the
textile wastewater after treatment.
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Abstract: Increasing attention has been paid to removal of aqueous contaminations resulting from
azo dyes in water by plasma technology. However, the influence factors and removal mechanism
of plasma technology were still obscure, moreover, energy consumption and oxidized degradation
efficiency of plasma reactor were also inferior. In the present study, a comparative analysis was
performed using 100 mg/L of Methyl Orange (MO) in the simulated wastewater with a novel
plasma reactor to achieve the ideal parameters involving voltage, discharge gap, and discharge
needle numbers. Therefore, the optimal removal rate for MO could be up to 95.1% and the energy
consumption was only 0.26 kWh/g after the plasma treatment for 60 min, when the voltage was set
as 15 kV, the discharge gap was 20 mm, and the discharge needle numbers was 5. Based upon the
response surface methodology (RSM), the removal rate of MO was predicted as 99.3% by massive
optimization values in software, and the optimum conditions were confirmed with the plasma
treatment period of 60 min, the voltage of 14.8 kV, the discharge gap of 20 mm, and the discharge
needles of 5. Plasma associated with catalysts systems including plasma, plasma/Fe2+, plasma/PS,
and plasma/PS/Fe2+ were further investigated, and the best removal rate for MO reached 99.2% at
60 min under the plasma/PS/Fe2+ system due to simultaneously synergistic reactions of HO• and
SO4

•−. Moreover, it was also revealed that –N=N– bond was attacked and broken by active species
like HO•, and the oxidized by-products of benzenesulfonic acid and phenolsulfonic acid might be
generated, via the analysis of the variation in the absorbances through UV-Vis spectrophotometry
during the plasma treatment. As a result, the advanced plasma technique in this study presented
excellent efficacy for MO removal from simulated wastewater with low energy consumption.

Keywords: azo dyes; Methyl Orange; novel plasma reactor; oxidized degradation; plasma technology;
response surface methodology (RSM)

1. Introduction

In 1862, the inartificial dyes were initially obtained from natural sources, including
leaves, roots, and branches, etc. [1], which usually limited the range of colors [2]. Thereafter,
various kinds of artificial dyes were explored to satisfy daily demands. According to their
chemical structures and chromophores, dyes are classified as azo (mono-azo, di-azo, tri-azo,
poly-azo), anthraquinone, phthalocyanine, diarylmethane, triarylmethane, indigo, azine,
oxazine, thiazine, xanthene, nitro, nitroso, methine, thiazole, indamine, indophenol, lactone,
amino ketone, hydroxyl ketone stibene, and sulfur dyes [3]. So far, there are over two
thousand types of dyes available for commercial purposes in the market with quantities
exceeding 7 × 105 tons worldwide annually [4,5], of which over 50% were azo dyes [4].
Azo dyes are a class of organic compounds with azo linkages (–N=N–) connecting aryl
groups, which were widely used in textile, printing, paper and other fields [1,4].

Azo dyes possessed strong physical and chemical stability, extraordinary resistance
to high temperature, photolysis, biological and oxidative degradation [6]. Therefore,
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great quantities utilizing and inappropriate discharge of azo dyes have resulted in water
pollutions and accumulations in the water cycle, threatening the safety of drinking water.
Textile-processing units discharged extremely colored water effluents with dye content
in the range of 10–200 mg/L [3]. For instance, the outflow concentration of the dye Acid
Orange 10 from the final clarifier of a textile factory in India was 45 mg/L [7]. The outflow
concentrations of azo dye from 14 Ramadan textile industries in Iraq ranged between
20 mg/L and 50 mg/L [7]. Human exposure to these azo dyes and their intermediates
would cause mutagenic, carcinogenic, nervous system disorders, and dermatitis [8], as well
as severe and long-lasting impact on the liver, kidney, brain, and reproduction system [9].
Therefore, increasing efforts would be warranted to implement the elimination of azo dyes
from waters.

Azo dyes usually contain a strong stable benzene ring structure and azo bonds that
prevent mineralization, and even dissolved functional groups of sulfonate, hydroxyl, or
carboxyl, leading to difficult water treatment [10–13]. Extensive research has been done
on utilizing physical and chemical techniques for the removal of azo dyes, including
adsorption, chemical oxidation, biological techniques, and plasma technology [14–16], etc.
The adsorption method could adsorb azo dyes effectively, but only by transferring the
contaminants from water to the solid phase, without achieving the degradation effect [17],
and the adsorbent regeneration was an intractable problem [18]. The chemical oxidation
process could decolorize azo dyes, but the mineralization rates were usually inferior, and
the addition of chemical agents was inclined to cause secondary pollution [16,19]. The
biological method was used for azo dyes degradation due to their high activity and strong
adaptability [20], but high levels of azo dyes could inhibit the activity of bacteria [16].
Therefore, an environmentally friendly and high efficiency degradation technique for azo
dyes was required for developing to overcome the above-mentioned problems.

Plasma technology is considered as the advanced oxidation process (AOP); the plasma
discharge could break molecular structure efficiently by its generation of strong active
species (HO•, H•O•, HO2

•, NO2
•, etc.) and other physiochemical effects (UV irradiation,

shockwaves, local high temperature, etc.) in situ [17,21,22]. The water molecule of solution
in the discharge process leads to produce HO• and H• by its dissociation, ionization, and
vibrational/rotational excitation, as shown in Equations (1)–(4) [15]. H• and O• could
be generated by vibrationally/rotationally excited water molecules that are released into
a lower energetic state, as shown in Equations (5)–(7) [15]. Subsequently, the enduring
H2O2 could be formed by dimerization of HO• (Equation (8)) [23]. In addition, plasma
containing water has UV light emission as a result of exited species relaxation to lower
energetic states, which are generated from the collisions between electrons and neutral
molecules [15]. In the plasma treatment process, the organic molecules (M) absorb the
radiation and transfer into an excited state (M*) by ultraviolet radiation, whereafter the
excited M* could be decomposed into a new product in the transversion of M* goes back to
the ground state immediately due to short lifetime (10−9–10−8 s), as shown in the Equation
(9) [15]. Thus, this technique was suitable for the removal of degradation-resistant organic
compounds [16]. Ma et al. have used Dielectric Barrier Discharge (DBD) plasma technology
to degrade 44.36 g/L of methylene blue (MB), the degradation rate could reach up to
98.3% after 3 min [24]. Sarangapani et al., have used Box-Benkhen Design (BBD) model
and Response Surface Methodology (RSM) to optimize the experimental parameters of
the DBD plasma technique for Methyl Orange (MO) degradation, which determined the
optimal experimental conditions with voltage at 70 kV, treatment time as 120 s, and MO
concentration as 100 mg/L [25].

Dissociation : H2O + e→ HO•+H•+e (1)

Ionization : H2O + e→ 2e + H2O+ (2)

H2O++H2O→ HO•+H3O+ (3)

Vibrational/rotational excitation : H2O + e→ H2O∗+e (4)

114



Water 2022, 14, 3152

H2O∗+H2O→ H2O + H•+HO• (5)

H2O∗+H2O→ H2+O•+H2O (6)

H2O∗+H2O→ 2H•+O•+H2O (7)

HO•+HO• → H2O2 (8)

M + hv→ M∗ → product (9)

However, the influence factors and degradation mechanism of plasma technology on
azo dyes at the molecular level were still obscure, as well as usually followed with high
energy consumption and inferior degradation efficiency due to low mass transfer efficiency
between gas and liquid phase in plasma reactor [26,27]. In general, active species including
HO•, H•, O•, etc. generated from plasma could penetrate into liquid, but with shallow
penetration depth and attain some dozens of microns [28].

Therefore, the establishment of the interaction between active species and organic
contaminants would enhance the removal efficacy. In this study, a novel reactor with
an improved plasma area was designed through regulating the grounded plate and the
plasma discharge area, which could increase the removal efficiency by the intensive reaction
between active species and MO contaminants on the interface of gas-liquid. Moreover,
the addition of typical catalysts such as persulfate (PS) and Fe2+ would present excellent
degradation efficacy due to the high oxidizability of generated active species [29–32].

In order to solve the above-said problems, the plasma technique for the azo dyes
was implemented in the present study to achieve the objectives as follows: (1) confirm
the optimal influence parameters by comparing the plasma removal performance on the
target azo dye of MO under different conditions, involving the reaction time, voltage,
discharge gap, and discharge needle numbers; (2) improve MO removal efficiency and
reduce energy consumption using the novel plasma reactor through the optimal response
surface methodology (RSM); (3) investigate the removal efficiency of plasma associated
with catalyst system including PS/Fe2+; and (4) determine the removal mechanism via the
UV-Vis analysis of MO during the plasma process.

2. Materials and Methods
2.1. Chemicals and Reagents

Methyl Orange (MO, 99.9%) was acquired from Fluka (Steinheim, Germany). Sodium
hydroxide (NaOH, 99.9%), ferrous sulfate (FeSO4, 99.9%), and sodium persulphate (Na2S2O8,
99.9%) were purchased from Acros Organics (Geel, Belgium). All solutions were prepared
using ultrapure water with a conductance of 18.2 MΩ/cm (Millipore, Bedford, MA, USA).

2.2. Experimental Setup and Procedure

A novel reactor was designed as a cylinder with well appropriate between the plasma
discharge area and the grounded electrode in the bottom of the reactor. The novel reactor
could increase the effective discharge area for active species formation during the plasma
process. The fully propagated plasma occupied a roughly circular region on the liquid
surface with visually uniform leader distribution [33]. As shown in Figure 1, the novel
plasma reactor was an organic glass reactor with a 50 mL effective volume for MO removal
from simulated wastewater. In detail, the bottom radius was 50 mm, the height was
70 mm, and the wall thickness was 5 mm. Two air vents with a radius of 4 mm were set
on both sides, which were 20 mm away from the top of the reactor. A sample collection
hole with a 4 mm diameter was installed at 12 mm away from the bottom of reactor. The
mass transfer efficiency of active species in liquid could be improved by enhancing the
air tightness of the reactor, all vents were blocked with an airtight polymer cap during
the operation. The circular grounded metal electrode plate with a 45 mm radius and
2 mm thickness was immersed in the MO solution, the same size as a perforated metal
plate fixed with needle-like electrodes was used as high voltage discharge electrode plate.
Needle-like electrodes were stainless steels which widely used due to their mechanical and
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anti-corrosion properties [34]. The nylon columns were used to support the high voltage
electrode and the grounded electrode, and the high voltage electrode could be adjusted by
the distance above the solution.
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The high voltage direct current (DC) power supply (LYZGF, Zhi-Cheng Company,
China) was used to generate plasma, characterized with the range of 0–60 kV for discharge
voltage and 0–5 mA for output current. Based upon the important influence parameters,
the discharge voltages were in the range between 11 kV and 15 kV, the discharge gap was
between 19 mm and 21 mm, and discharge needle numbers were 3, 4, and 5, together with
the initial MO concentration of 100 mg/L in simulated solution [35–37]. The added catalysts
of Fe2+ and PS were set as 0.02 mmol/L under the optimal experimental conditions after
the experimental factors were optimized by the RSM in the experiment of MO removal
with plasma.

2.3. Sample Preparation and Analysis

The experimental duration of each plasma process was 60 min. Samples were taken
at 0 min, 10 min, 20 min, 30 min, and 60 min, the reactor effluent from MO wastewater
treatment was analyzed after filtration of glass fiber membrane (0.45 µm). The samples
were scanned using an ultraviolet and visible (UV-Vis) spectrophotometer (DR 5000, Hach
Company, Loveland, CO, USA) [38]. The absorbance was compared with the standard
curve (Y = 0.7563x − 0.00831 R2 = 0.998) established at the maximum absorption wave-
length of MO 462 nm [39], subsequently the concentration and removal rate of MO was
calculated separately. The TOC values of collected samples were determined by the TOC
analyzer (multi NC 3100, Analytik Jena AG Company, Jena, Germany) via direct nonpurge-
able organic carbon (NPOC) measurement method to confirm the reduction of organic
substances in solutions [24].

2.4. Data Analysis

1. Removal rate of MO (η) %

η =
C0–Ct

C0

where η was the removal rate of MO in the solution, C0 and Ct were the concentration
of MO solution at times of 0 and t, respectively.

2. Energy consumption (W) kWh/g

W =
IUt
∆m
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where W was the energy consumption of removing organic matter per unit weight, I
was the output current, U was the output voltage, t was the discharge time, ∆m was
the removal weight of organic matter.

3. Mineralization rate (XTOC) %

XTOC =
TOC0−TOCt

TOC0

where XTOC was the mineralization rate of MO, TOC0 and TOCt were total organic
carbon at 0 min and t min, respectively.

2.5. RSM Experimental Design

Design-experimental V8.0.6.1 statistical software (Stat-Ease, Minneapolis, MN, USA)
was applied to carry out the experimental design, analysis of variance (ANOVA), math-
ematical modeling, and 3D response surface [13]. Plackett-Burman, Central-Composite,
and Box-Behnkhen Design (BDD) were widely used methods for RSM experiments, in
which BDD followed the least number of quadratic model fitting experiments at three
levels. As shown in Table 1, four significant operating parameters of a novel plasma reactor
involving time (min), voltage (kV), discharge gap (mm), and discharge needle numbers
were optimized using BBD in this study, and the removal rate of MO was the factor of
response surface analysis [40]. In this study, four parameters presented three variation
levels equally, which were codified as −1, 0, and 1 [13].

Table 1. Response surface factor level table in novel plasma reactor.

Parameter
Horizontal Extent

−1 0 1

Time (min) 10 35 60
Voltage (kV) 11 13 15

Discharge gap (mm) 19 20 21
Discharge needle numbers 3 4 5

3. Results and Discussion
3.1. The Influence of Voltage

Discharge plasma originated by high voltage on the gas-liquid surface would generate
various active species in the solution [35]. Thus, the discharge voltage was a significant
factor on the removal of azo dye during the plasma treatment. To evaluate the effect of
discharge voltage on MO removal, systematic experiments were implemented on plasma
treatment with different applied voltages of 11 kV, 13 kV, and 15 kV. The other experiment
parameters of the discharge needle numbers were set as 5, and the discharge gap was
20 mm. As shown from the contour plot of the response surface in Figure 2, the colors
changed gradually from purple to red, which demonstrated that the removal rates of
MO were enhanced over time. In addition, there was an increase at the same altitude,
the removal rates of MO were improved with the voltage increasing in a certain applied
voltage range. The interaction of voltage and treatment time showed a positive effect for
the removal rate of MO. The removal rates of MO were 85.0%, 90.3%, and 95.1% at 60 min
when each applied voltage were 11 kV, 13 kV, and 15 kV, respectively. This phenomenon
was consistent with supplementary free radicals generated by high applied voltage [41].
Because additional energy electrons could be produced with the application of increasing
voltages, which could intensify the collision chance between energetic electrons and air
molecules effectively, thereafter producing extra excited oxygen atoms that could react with
water molecules to generate extra HO• [35,42]. On the other hand, the plasma treatment
process could generate ultraviolet radiation that improved the removal rate of MO, and the
intensity of ultraviolet radiation could be enhanced at relatively high applied voltage [35].
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However, high applied voltage would cost additional energy consumption and reduce
energy utilization [43]. Therefore, the applied voltage was selected as 15 kV.
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3.2. The Influence of Discharge Gap

Suitable discharge gap is important for MO removal in plasma, which influences the
electric filed in the gap [36]. In this study, systematic experiments were conducted in plasma
treatment with various discharge gaps of 19 mm, 20 mm, and 21 mm. The other parameters
of the experiment including the applied voltage of 15 kV, and the number of discharge
needles of 5. As shown from the contour plot of the response surface in Figure 3, the
optimum removal rates of MO could achieve 89.1%, 96.7%, and 79.2% when the discharge
gap was 19 mm, 20 mm, and 21 mm, respectively. The MO removal rates improved firstly
when the discharge gap between 19 mm and 20 mm, but decreased subsequently when
the discharge gap increased to 21 mm. It was because that corona discharge would change
into unstable and noisy spark discharge when the discharge gap was low excessively,
the generated spark discharge was not conductive to the active species due to the gap
breakdown [44], whereas the removal rate of MO decreased to 79.2% when the discharge
gap amplified to 21 mm. The discharge gap was related to electric filed intensity which
could influence the movement speed of gas molecules in the discharge area [45], thereafter,
the increased discharge gap would weaken the electric field intensity which declined the
movement speed of gas molecules in the air under the same input energy and then generate
scarcer active species [44,45]. Therefore, 20 mm was chosen as the optimal discharge gap
for the plasma treatment.
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3.3. The Influence of Discharge Needle Numbers

The numbers of discharge needle electrodes are related to the plasma channels between
the discharge needle and liquid surface [37]; thus, it is important to get a suitable discharge
needle numbers to enhance the removal rate of MO. To estimate the influence of discharge
needle numbers on MO removal, different discharge needle numbers of 3, 4, and 5 were
conducted in this plasma treatment. The other parameters were related to the applied
voltage of 15 kV, and the discharge gap of 20 mm. As shown in the contour plot of the
response surface in Figure 4, the removal rates of MO were improved with the growth
of the treatment period and discharge needles number, subsequently the removal rate of
MO was up to 95.1% at 60 min when the discharge needles number was 5. The results
verified that the increase in discharge needle numbers expanded the discharge region to
promote the chemical reactions between active species and MO [46]. However, the removal
rates of MO were decreased to 82.5% and 82.8% individually at 60 min when the discharge
needle numbers were 3 and 4, respectively. In general, needle-like electrodes generated
fully propagated plasma channels at the liquid surface, and all types of active species were
produced near plasma channels, thereafter the removal of MO mainly occurred in this
circular area [33,47]. With the decline of discharge needle numbers, the plasma channels
decreased, so the removal rates of MO were inferior due to depressed reaction region of
active species with MO [37]. Therefore, 5 were chosen as the optimal discharge needles
numbers in this study.
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3.4. Analysis of RSM

RSM refers to a mathematical and statistical approach used to evaluate various as-
pects, including designing experiments, developing models, examining many independent
variables, and assessing the optimum conditions for responses [48]. In the present study,
four significant influencing parameters were selected and optimized at three levels through
the ANOVA and mathematical modeling, for which, the removal rates of MO in the plasma
treatment were applied as the response value. The test results were listed in Table 2.

The significance of experimental factors was judged by F-value and p-value in ANOVA
analysis, F-value was the accuracy of generated quadratic polynomial equation computed
statistically, and the experimental factor was significant when the p-value < 0.05. The
ANOVA results for response surface of the quadratic model were listed in Table 3. MO
independent variable of time (A and A2), voltage (B and B2), discharge gap (C2), discharge
needle numbers (D), and the interaction of AB were significant for the removal efficiency.
However, the interaction of AC, AD, BC, BD, and CD were insignificant, and the indepen-
dent variable of C and D2 were also insignificant. Therefore, the influence parameters for
the MO by the plasma technique followed the order of time (A) ≈ voltage (B) > discharge
needle numbers (D) > discharge gap (C). The Predicted R2 = 0.7119 was in reasonable
agreement with the Adjusted R2 = 0.9000 because the difference < 0.2. The signal of noise
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ratio about Adep Precision = 16.954 > 4 demonstrating that the signal was acceptable
due to among the desirable region. According to the parameters of p-value < 0.0001, R2

= 0.9500, which demonstrated the prediction model was appropriate for describing the
plasma experimental data. As shown in Figure 5a, all residuals spread along a straight line
that demonstrated a normal probability distribution plot of MO obtained removal rates
which were employed to validate the normality of studentized residuals. Furthermore,
Figure 5b correspondingly exhibited the predict and actual values of removal rates as
another confirmation.

Table 2. Results of the removal experiment of MO.

The Experimental
Number Time (min) Voltage

(kV)
Discharge Gap

(mm)
Discharge Needle

Numbers Removal Rate (%)

1 60.00 13.00 20.00 3.00 71.52
2 10.00 13.00 21.00 4.00 9.54
3 60.00 13.00 20.00 5.00 90.25
4 35.00 15.00 20.00 5.00 72.73
5 35.00 13.00 19.00 5.00 64.4
6 10.00 15.00 20.00 4.00 26.84
7 60.00 11.00 20.00 4.00 43.77
8 10.00 13.00 20.00 3.00 25.26
9 35.00 11.00 20.00 5.00 64.53

10 60.00 13.00 21.00 4.00 80.59
11 35.00 15.00 20.00 3.00 54.08
12 60.00 13.00 19.00 4.00 55.58
13 35.00 11.00 19.00 4.00 20.88
14 35.00 13.00 20.00 4.00 59.24
15 10.00 11.00 20.00 4.00 20.76
16 10.00 13.00 19.00 4.00 9.41
17 35.00 15.00 21.00 4.00 47.34
18 35.00 13.00 20.00 4.00 59.24
19 10.00 13.00 20.00 5.00 25.49
20 35.00 13.00 19.00 3.00 42.35
21 35.00 13.00 20.00 4.00 59.24
22 35.00 11.00 21.00 4.00 27.24
23 35.00 15.00 19.00 4.00 58.45
24 35.00 13.00 21.00 3.00 42.78
25 35.00 13.00 20.00 4.00 59.24
26 35.00 11.00 20.00 3.00 22.48
27 60.00 15.00 20.00 4.00 82.83
28 35.00 13.00 21.00 5.00 51.7

Table 3. MO ANOVA results for response surface of quadratic model.

Source Sum of Squares df Mean Square F-Value p-Value

Model 13,001.19 14 928.66 18.99 <0.0001 significant
A-Time 7866.37 1 7866.37 160.89 <0.0001

B-Voltage 1694.80 1 1694.80 34.66 <0.0001
C-discharge gap 5.49 1 5.49 0.11 0.7424

D-discharge needle numbers 1019.92 1 1019.92 20.86 0.0004
AB 271.92 1 271.92 5.56 0.0334
AC 154.75 1 154.75 3.17 0.0969
AD 85.56 1 85.56 1.75 0.2071
BC 76.30 1 76.30 1.56 0.2321
BD 136.89 1 136.89 2.80 0.1165
CD 43.10 1 43.10 0.88 0.3637
A2 443.32 1 443.32 8.86 0.0100
B2 432.13 1 432.13 8.84 0.0101
C2 952.96 1 952.96 19.49 0.0006
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Table 3. Cont.

Source Sum of Squares df Mean Square F-Value p-Value

D2 41.94 1 41.94 0.86 0.3700
Residual 684.49 14 48.89

Lack of Fit 684.49 10 68.45
Pure Error 0.000 4 0.000
Cor Total 13,685.68 28

R2 = 0.9500 Adjusted R2 = 0.9000 Predicted R2 = 0.7119 Adeq Presion = 16.954.
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rates (b).

The RSM for the removal rates of MO according to the four important parameters
achieved from the plasma experiment were presented in Figure 6a–f. Four parameters were
demonstrated in 3D surface plots. The interactions among the voltage, time, discharge
gap, as well as discharge needle numbers were correlated to the ANOVA results for
response surface of quadratic model. In addition, when the removal rate of MO was
predicted as 99.3% by massive optimization values in software, correspondingly, the
optimum conditions including the voltage of 14.8 kV, the plasma treatment time of 60 min,
the discharge gap of 20 mm, discharge needles of 5 were confirmed. This conclusion
demonstrated that the results of RSM experiment conditions were consistent with the
results of previous single-factor experiment conditions. Moreover, the regression model
could be conformed as a second-order response surface by the fitting analysis of multi-linear
regression, as shown in the following Equation (10).

Y = 59.24 + 25.60A + 11.88B + 0.68C + 9.22D + 8.24AB + 6.22AC + 4.63A − D − 4.37BC − 5.85BD −
3.28CD − 8.17A2 − 8.16B2 − 12.12C2 + 2.54D2 (10)

3.5. Advantages of Removal Effect of MO in Novel Plasma Reactor

In order to verify the advantages of novel designed plasma reactor, the comparison of
MO removal efficiencies applied with the same voltage of 15 kV was implemented between
the novel and conventional plasma reactors (Figure S1). As shown in the Figure 7, the
optimum removal rate of the novel plasma reactor could reach 95.1% at 60 min, while that
of the conventional plasma reactor was only 40.5%. In addition, the energy consumption
of the novel reactor for MO removal was only 0.26 kWh/g, which was much lower than
that of the conventional plasma reactor with 1.1 kWh/g significantly. This might be
related to the increased plasma area between the diameters of the grounded plate and the
plasma discharge area, contributing to fully propagated plasma that occupied a roughly
circular region on the gas-liquid surface with uniform leader distribution [33], furthermore,
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increasing the mass transfer efficiency and interaction between the active species and MO
contaminant. Therefore, the novel designed plasma reactor could show both advantages
of higher removal efficiency and lower energy consumption during the process of MO
removal treatment.
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3.6. The Influence of Catalysts on MO

The MO removal efficiency could be further improved by adding catalysts due to
the rapid interaction between active species and organic contaminants. For instance, Fe2+

could react with H2O2 in a solution, similarly to the Fenton reaction, to produce sup-
plementary HO• [49], which was beneficial to improve the removal of organic matter
greatly. PS could be easily activated by UV and heated by plasma, resulting in oxidizing to
SO4

•− strongly [50]. SO4
•− showed a commendable oxidization effect on the improvement

of degradation efficiency due to the advantages of strong stability [51]. Therefore, it is
necessary to explore the influence of catalysts of PS and Fe2+ in the same experimental
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conditions optimized by RSM. As shown in Figure 8, four plasma system involving plasma,
plasma/Fe2+, plasma/PS, and plasma/Fe2+/PS altogether performed remarkable treat-
ment efficiency, and plasma/PS/Fe2+ exhibited the maximum removal rate for MO up
to 99.2% at 60 min. The removal rates of MO could reach 97.0% and 97.3% under the
plasma/Fe2+ system and plasma/PS system, respectively, when the concentration of Fe2+

and PS was both 0.02 mmol/L. Compared with the single plasma system, their removal
rates of MO were enhanced slightly. This phenomenon might be related to the advanced
oxidation of catalysts addition. For one thing, Fe2+ could efficiently catalyze H2O2 into
advanced oxidation radical of HO• by the Fenton reaction, whereafter this active HO•

could strengthen the removal efficiency of MO, as shown in Equations (11) and (12) [52].
For the other thing, as shown in Equation (13), PS could be activated by plasma to produce
SO4

•− radical [16,50], thus the removal rate of MO was enhanced by the SO4
•− radical

attack on the MO molecules efficiently. However, compared with the plasma/PS sys-
tem, the plasma/Fe2+ system presented higher removal velocity. It was because that Fe2+

could catalyze H2O2 into a large number of active HO• radicals in a short time [29]. In
addition, HO• was a nonselective radical with the oxidation potential of E0 = 1.8–2.7 V,
which inclined to breakdown –N=N– bond of MO with low bond energy into a single
structure resulting in decoloring initially. Whereas, SO4

•− radical was a strong one-electron
oxidant that would degrade aromatics selectively due to its higher oxidation potential
of E0 = 2.5–3.1 V [24,53,54]. Moreover, XTOC of plasma/Fe2+ and plasma/PS system at
60 min were 16.1% and 20.7%, respectively. Higher XTOC presented by plasma/PS carried
out further efforts to mineralize MO resulting in lower removal velocity. This also could
explain the optimum removal efficiency of plasma/PS/Fe2+ system was attributable to the
simultaneously synergistic reaction of HO• and SO4

•−.

Fe2++H2O2 → Fe3++HO•+OH− (11)

Fe3++H2O2 → Fe2++HO•2 (12)

S2O2−
8

plasma→ 2SO•−4 (13)

SO•−4 +OH− → HO•+SO2−
4 (14)

SO•−4 +H2O→ HSO−4 +HO• (15)

SO•−4 +SO•−4 → S2O2−
8 (16)

Fe2++S2O2−
8 → Fe3++SO•−4 +SO2−

4 (17)
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3.7. Removal Mechanism of Plasma for MO Removal

The MO removal mechanism was proposed by the UV-Vis spectrophotometry analysis
between 200 and 900 nm in the optimal experiment conditions during the plasma treatment
process. As shown in Figure 9, the initial MO solution presented two absorption peaks
of 268 nm and 463 nm. The maximum absorption at 463 nm corresponded to the π-π
conjugated chain of the –N=N– structure, and the other one at 268 nm corresponded to the
characteristic absorption peak of the benzene ring [13].
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Figure 9. Absorbance spectra of MO solution over the reaction time.

With the reaction proceeding, the wavelength of MO at 463 nm was diminished grad-
ually, which demonstrated the decrease of MO concentration. However, the wavelength
of the benzene ring monomer at 268 nm was amplified progressively, possibly because
the strong π-π conjugated system between –N=N–might be destroyed by HO• and O• in
the plasma treatment process, thereafter MO was degraded into SO3 and phenylsulfinate
ions [24]. Moreover, the peak of MO at 268 nm occurred blue shift slightly, demonstrating
the obvious characteristic absorption peak of benzene ring. This phenomenon might be
related to the occurrence of new productions involving monomer compounds of benzene-
sulfonic acid and phenolsulfonic acid [55], due to the MO oxidized by large amounts of
free radicals generated during the plasma treatment.

4. Conclusions

In summary, the removal of MO in the simulated wastewater by novel plasma tech-
nique could be feasible. Intensive studies on simulated aqueous solutions containing
MO were implemented on the conditions of removal treatment involving the voltage, the
numbers of discharge needle, and the distances of discharge gap. The optimal removal
rates for MO could achieve 95.1% with novel plasma reactor, when the treatment duration
was 60 min, the voltage was set at 15 kV, discharge gap as 20 mm, and discharge needle
numbers were 5, respectively. An accurate predicted method of RSM was established to
optimize the plasma treatment process for the removal of MO from simulated wastewater
with the four important influencing parameters above involved. The influence factors
for MO removal followed the order of time and voltage > discharge needle numbers >
discharge gap. The removal rate of MO was predicted as 99.3% by optimization values in
software, the optimum conditions were confirmed as the voltage of 14.8 kV, the plasma
treatment time of 60 min, the discharge gap of 20 mm, and discharge needle numbers
of 5. Compared with the conventional reactor, the novel plasma reactor showed the ad-
vantages of high removal efficiency and low energy consumption for MO removal. The
investigations of plasma associated with catalysts systems revealed the optimal removal
rate for MO achieved 99.2% at 60 min by plasma/PS/Fe2+ system due to simultaneous
synergistic reaction of HO• and SO4

•−. Furthermore, through analyzing the variation in the
absorbances with UV-Vis spectrophotometry during plasma process for the MO removal, it
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was found that –N=N– bond was initially attacked and broken by active species like HO•,
and the oxidized intermediates of benzenesulfonic acid and phenolsulfonic acid might be
generated. As a result, the present study demonstrated the excellent and efficient removal
for MO through novel plasma treatment technique, and extensive investigations about
novel plasma reactor design to improve mineralization rate should be further implemented
in the future.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/w14193152/s1, Figure S1: The sketch map of conventional
plasma reactor.
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Abstract: Acrylic manufacturing wastewater is characterized by high toxicity, poor biodegradability,
high chemical oxygen demand (COD) and ammonia nitrogen. Herein, we exploited traditional
Fenton technology to treat acrylic fiber manufacturing wastewater. The impacts of key operating
variables including the initial concentration of H2O2 (CH2O2), the initial concentration of Fe2+ (DFe2+),
and solution pH (pH) on the COD removal rate (RCOD) were explored and the treatment process
was optimized by Response Surface Methodology (RSM). The results indicated that the optimum
parameters are determined as pH 3.0, 7.44 mmol/L of Fe2+ and 60.90 mmol/L of H2O2 during Fenton
process. For the actual acrylic manufacturing wastewater treatment shows that the removal rates for
COD, TOC, NH4

+-N and TN are 61.45%~66.51%, 67.82%~70.99%, 55.67%~60.97% and 56.45%~61.03%,
respectively. It can meet the textile dyeing and finishing industry water pollutant discharge standard
(GB4287-2012). During the Fenton reaction, the effective degradation and removal of organic matter
is mainly achieved by HO• oxidation, supplemented by flocculation and sedimentation of Fe3+

complexes. This study will provide useful implications in the process parameters for the practical
application of Fenton method in acrylic acid production wastewater.

Keywords: acrylic fiber manufacturing wastewater; Fenton reaction; advanced oxidation method;
degradation mechanism

1. Introduction

Acrylic fibers are one kinds of the significant manufacturing raw materials for the
textile industry [1]. During the manufacture of acrylic fibers, a large volume of wastewater
is inevitably generated. Owing to its high toxicity, poor biodegradability, high COD, and
ammonia nitrogen, acrylic fiber manufacturing wastewater has been recognized as one of
the problematic organic wastewaters [2]. In general, conventional biological methods have
been used in the degradation of organic matters in acrylic fiber manufacturing wastewater.
However, the effluent water quality treated by conventional biological processes such as
A/O and A2/O alone usually cannot meet the national discharge standards [3]. Therefore,
it is imperative to develop stable, effective, economical combined processes to treat acrylic
manufacturing wastewater.

At present, the main approaches for the treatment of acrylic fiber manufacturing
wastewater include but not limit to bio-enhanced treatment [4,5], membrane technol-
ogy [6,7], advanced oxidation processes (AOP) [8,9], and coupled treatment processes [10].
C. Gong et al. [11] used an electro-coagulation (EC) process to pretreat acrylic fiber manu-
facturing wastewater. Under optimal conditions, the removal rate of total organic carbon
was 44%, and the (Biochemical Oxygen Demand) BOD5/COD ratio was increased to 0.35.
J. Wei et al. [12] combined Fenton-sequencing batch membrane bioreactor process for the
treatment of acrylic fiber manufacturing wastewater. After Fenton oxidation treatment,
the COD removal rate was 47.0%, and the ratio of BOD5/COD increased from 0.35 to
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0.69. Microbubble-ozonation was used to treat refractory wet-spun acrylic fiber manufac-
turing wastewater with 42%, 21%, and 42% removal rates of COD, NH3-N, and UV254,
respectively [13]. The degradation of refractory organics such as alkane aromatic com-
pounds in wastewater was enhanced by microbubble ozone treatment, which resulted in
improved biodegradability of the wastewater. J. Wei et al. [14] utilized the Fered-Fenton
process to treat acrylic fiber manufacturing wastewater, resulting in an increase in the
BOD5/COD ratio from 0.29 to over 0.68 after 180 min of treatment in which Ti was used as
the cathode and RuO2/Ti as the anode. T. Zheng et al. [15] fabricated a three-dimensional
electrochemical oxidation reactor to treat wet-spun acrylic fiber manufacturing wastewater,
which significantly elevated the treatment efficiency of COD, NH3-N, TOC, and UV254
by 44.5%, 38.8%, 27.2%, and 10.9%, respectively. X. Xu and Z. Shao et al. [16] developed
highly efficient peroxy monosulfate activated catalysts (e.g., LaSrCo0.8Fe0.2O4) that showed
excellent performance in catalytic advanced oxidation applications of difficult to degrade
organic pollutants. In terms of this, the enhanced pretreatment of acrylic fiber wastewater
using advanced oxidation processes can achieve satisfactory treatment results.

Fenton advanced oxidation process, which is based on the generation of hydroxyl
radicals (HO•), has the advantages of high oxidation and strong electron affinity [17].
The Fenton process can decompose refractory organic matter, and its by-product, Fe3+,
have a favorable flocculation effect, which can simultaneously complete the degradation-
coagulation-precipitation removal of organic matter. Therefore, the Fenton method is
considered an effective method for treating refractory organic wastewater [18]. However,
there are many intermediate products and side reactions in the Fenton reaction system.
Once the reaction conditions are not adequately controlled, the utilization rate of H2O2
will decrease, resulting in insufficient mineralization of organic matter and a severe waste
of raw materials [19]. Therefore, during the application of the Fenton method, the use
of reagents, the conversion trend of H2O2, and the influence of operating parameters
on the reaction system should be investigated to achieve the efficient utilization of the
Fenton process and the economic degradation of pollutants. As mentioned above, this
study adopts the response surface methodology to explore the effect of factors such as
the concentration of H2O2, the amount of Fe2+ added, and the initial pH value on the
degradation of organic matter. In addition, we discussed the interaction between various
factors, the removal effect of refractory organic matter, and the mechanism of the reaction
process. This research provides technical reference and a theoretical basis for applying
the Fenton catalytic oxidation method in the treatment of acrylic fiber manufacturing
wastewater.

2. Materials and Methods
2.1. Wastewater

The experimental acrylic fiber wastewater was obtained from the effluent of the
secondary sedimentation tank after A/O process treatment in a sewage treatment plant in
Jilin Province. The experimental wastewater was pretreated with concentrated sulfuric acid
within 12 h after sampling. The main purpose of pretreatment of acrylic acid wastewater
with concentrated sulfuric acid was to lower the pH of the solution to about 2. The storage
time of acrylic wastewater was prolonged by lowering the pH of the water sample to slow
down the microbial activity and inhibit the hydrolysis of ammonia-containing compounds.
It is worth noting that the water samples must be used within 48 h. The physical and
chemical indicators of wastewater are shown in Table 1.

Table 1. Water quality indexes of water samples.

Parameter COD
mg·L−1

BOD5
mg·L−1

TOC
mg·L−1

NH3-N
mg·L−1

TN
mg·L−1 BOD5/COD pH

Amount 249–270 8–10 90–100 60–66 78–95 0.030–0.040 5.4–5.8
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2.2. Chemicals

All chemicals are of analytical grade. NaOH and H2SO4 (98%) were purchased from
Beijing Chemical Reagent Co., Beijing, China. FeSO4·7H2O and H2O2 (30%) were purchased
from Beijing Lanyi Chemical Co., Beijing, China.

2.3. Experimental Method

Since the degradation efficiency of COD by Fenton process was usually affected by
the initial pH of the solution, the H2O2/FeSO4 ratio, the concentration of H2O2, FeSO4,
reaction time, and temperature [20,21]. The initial concentrations of Fe2+ and H2O2 as well
as the pH determined the amount of HO• production in the Fenton reaction, which was
the active substance for the direct oxidation of COD [2,22–24]. The initial concentration of
H2O2 (code A), the initial concentration of Fe2+ (code B), and the pH value (code C) was
chosen as the primary factors. Firstly, single-factor experiments were conducted to explore
the effect of COD degradation under different conditions. After that, response surface
methodology was adopted to optimize conditions and analyze the interaction between
factors to optimize the Fenton process. Taking the removal rate of COD as the response
value, a three-factor and three-level Box-Behnken response surface design was carried out.
The experimental factors, level codes, design schemes, and response values are shown in
Table 2.

Table 2. Coded levels and corresponding values for test factors in RSM experimental design.

Run

Factor

Response, R
(%)

A: [H2O2] B: [Fe2+] C: pH

Coded Level Corresponding
Value (mmol·L−1) Coded Level Corresponding

Value (mmol·L−1) Coded Level -

S1 −1 56.25 −1 4.16 0 3 51.92 ± 1.25
S2 1 93.75 −1 4.16 0 3 43.73 ± 1.02
S3 −1 56.25 1 9.38 0 3 54.91 ± 1.28
S4 1 93.75 1 9.38 0 3 45.57 ± 1.06
S5 −1 56.25 0 6.25 −1 2 44.72 ± 0.98
S6 1 93.75 0 6.25 −1 2 39.66 ± 0.89
S7 −1 56.25 0 6.25 1 4 50.63 ± 1.05
S8 1 93.75 0 6.25 1 4 42.17 ± 1.07
S9 0 75.00 −1 4.16 −1 2 34.95 ± 0.67

S10 0 75.00 1 9.38 −1 2 49.71 ± 1.09
S11 0 75.00 −1 4.16 1 4 38.16 ± 0.88
S12 0 75.00 1 9.38 1 4 41.42 ± 0.87
S13 0 75.00 0 6.25 0 3 57.04 ± 1.35
S14 0 75.00 0 6.25 0 3 57.88 ± 1.39
S15 0 75.00 0 6.25 0 3 56.89 ± 1.38
S16 0 75.00 0 6.25 0 3 57.28 ± 1.42
S17 0 75.00 0 6.25 0 3 57.54 ± 1.36

The experimental setup and procedure are shown in Figure 1. Firstly, 300.0 mL of
acrylic fiber wastewater was added to the 500.0 mL beaker. The pH adjustment was
achieved by titrating 0.1 or 1 mol/L of H2SO4 (or NaOH) solution under the condition
of stirring intensity around 140 rpm. In which the pH of the solution was monitored by
(LEICI PHB-4) portable pH meter to achieve precise regulation of the solution pH. Secondly,
FeSO4·7H2O was added to the solution and stirred at 140.0 rpm. In addition, H2O2 (30% in
mass fraction) was added to the solution to initiate the Fenton oxidation reaction. Finally,
samples were taken at intervals to test the concentrations of Fe2+, COD, and H2O2.
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2.4. Analytical Methods

The method of COD detection refers to the standard method “Water quality-
Determination of the chemical oxygen demand-Dichromate method, HJ 828-2017” pub-
lished by the Ministry of Ecology and Environment of the People’s Republic of China [25].
The detection method of ammonia nitrogen refers to the standard method “Water quali-ty-
Determination of ammonia nitrogen-Nessler’s reagent spectrophotometry, HJ535-2009”
published by the Ministry of Ecology and Environment of the People’s Republic of
China [26]. The determination method of iron content refers to the standard method “Water
quality-Determination of Iron-phenanthroline spectrophotometry, HJ/T 345-2007” pub-
lished by the Ministry of Ecology and Environment of the People’s Republic of China [27].
The concentration of H2O2 was determined spectrophotometrically with potassium tita-
nium oxalate. 5 mL of water sample was added to a 25 mL cuvette. 5 mL of potassium
titanium oxalate solution (0.02 mol/L) was added. Deionized water was used to dilute to
the scale. After standing for 8 min, the absorbance was determined at 385 nm. Deionized
water was used as a reference during the determination [28,29].

GC-MS (Gas chromatograph-mass spectrometer) was used to detect the type (or
concentration) of organics. The supernatant before and after the Fenton reaction was
first filtered through a 0.45 mm membrane. Then the aqueous samples were then sub-
jected to solid phase extraction, elution, dehydration and concentration procedures to
complete the aqueous sample pretreatment. Samples were analyzed by GC-MS (GC
(7890)-MS (5975), Agilent Technologies Inc.) equipped with a separation column (DB-5MS
30 m × 0.25 mm × 0.25 µm) with column template at 40 ◦C for 2 min. The inlet tempera-
ture was 290 ◦C for 4 min. Carrier gas conditions: high-purity nitrogen with a flow rate of
1.0 mL/min. MS conditions: ion source temperature 280 ◦C, interface temperature 280 ◦C,
solvent delay time 5.0 min.

3. Results and Discussion
3.1. Examination of Main Factors That Affect the Removal of COD

In the Fenton reaction system, the initial concentration of Fe2+ and H2O2 as well as
the pH value play a crucial role in the degradation of organic pollutants. [30]. Since they
determine the amount of HO• production in the Fenton reaction, which is the active species
for the direct oxidation of COD. Typically, the initial concentration of Fe2+ and pH was set
to be 2~10 mmol/L and 3.0, respectively [31].
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3.1.1. Initial Concentration of H2O2

Under this condition: (i) the initial concentration of Fe2+ was 6.25 mmol/L; (ii) the
initial pH was 3.0; The effect of the initial concentration of H2O2 on the COD removal rate of
acrylic fiber wastewater is shown in Figure 2a; The changes of Fe2+ and H2O2 concentration
in the wastewater after the reaction are shown in Figure 2b,c.
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As shown in Figure 2a, the COD removal efficiency increased from 41.03% to 62.39% as
the initial concentration of H2O2 increased from 18.75 to 75.00 mmol/L. However, when the
initial concentration of H2O2 increased to 93.75 mmol/L, the COD removal rate decreased
slightly. The reason is that the increased H2O2 concentration can accelerate the reaction
between H2O2 and Fe2+, leading to the generation of more HO• in the solution, thereby
improving the COD removal rate. However, excess H2O2 will be quenched by HO•,
causing the consumption of the HO• and the production of hydrogen peroxide radicals
(HOO•) Equation (1) [32]. Simultaneously, the excess H2O2 will be self-decomposed to
produce H2O and O2, reducing the utilization rate Equation (2).

Fe2+ + H2O2 → Fe3+ + OH− + HO• (1)

H2O2 + HO• → HOO• + H2O (2)

The higher the concentration of H2O2 is, the lower the residual concentration of
Fe2+ will be (Figure 2b). This trend was attributed to the increased H2O2 concentration
promoting the conversion of Fe2+ to Fe3+. Notably, it can be observed that when the H2O2
concentration was added to 93.75 mmol/L, the residual amount of H2O2 in the solution
at 30 min was 71.13 mg/L (or 2.09 mmol/L) (Figure 2c). This can be ascribed to the that
the low Fe2+ concentration is hard to trigger the H2O2 reaction [33]. Therefore, it can be
concluded that the initial concentration of H2O2 was not as high as possible, and the best
initial concentration is 75.00 mmol/L.

3.1.2. The Initial Concentration of Fe2+

As shown in Figure 3a, the effect of Fe2+ concentration on the removal rate of COD at
pH 3.0 and H2O2 concentration of 75 mmol/L. Figure 3b,c shows the changes of Fe2+ and
H2O2 concentrations in the aqueous solution after the reaction.
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As shown in Figure 3a, with the increase of initial concentration of Fe2+, the COD
removal rate was increased gradually. The COD removal rate increased significantly
from 51% to 65% when the initial concentration of Fe2+ increased from 2.50 mmol/L to
6.25 mmol/L. It can be observed that when the initial concentration of Fe2+ increases
to 9.38 mmol/L, the COD removal rate decreases slightly. The trend of changes in the
concentration of Fe2+ and H2O2 after the Fenton reaction was shown in Figure 3b,c. Within
the reaction time of 0~5 min (Figure 3b), it was clearly observed that the Fe2+ concentration
decreased rapidly, and then the curve gradually stabilizes. By comparing the slope of the
reaction curve, it can be proved that the increased Fe2+ concentration can facilitate the
reaction rate. Furthermore, the consumption rate of H2O2 increased with the increase of
+ the initial concentration of Fe2 (Figure 3c). Typically, at a low initial concentration of
Fe2+, the rate of the reaction Equation (1) was slow and the amount of HO• produced
was less than sufficient to oxidize the organic matter in water [17]. Meanwhile, the excess
H2O2 reacted with the generated HO• Equation (2), which consumes H2O2 in the water
that had not been catalytically decomposed, resulting in a lower COD removal rate [34].
However, when the initial concentration of Fe2+ was too high, too much HO•was produced
at the beginning of the reaction. At the same time, a side reaction Equation (3) occurred,
consuming HO• that had not yet participated in the oxidation reaction [35]. In addition, a
large amount of HO• would react with each other to form H2O and O2 Equation (4) [35],
which leaded to a decrease in COD removal rate. At a dose of 6.25 mmol/L of Fe2+, the
H2O2 reacted completely within 30 min and the best COD removal was achieved. Therefore,
the optimal initial concentration of Fe2+ was 6.25 mmol/L.

Fe2+ + HO• → Fe3+ + OH− (3)

4HO• → 2H2O + O2 (4)

3.1.3. Initial pH

The effect of initial pH on the COD removal rate of acrylic fiber wastewater is
shown in Figure 4a. The change curve of the concentration of Fe2+ and H2O2 after the
oxidation-reduction reaction is shown in Figure 4b,c. the initial concentration of Fe2+ was
6.25 mmol/L, and the initial concentration of H2O2 was 75 mmol/L.
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The results presented in Figure 4a showed that it can be obtained the highest COD
removal rate of 65.79% at a pH of 3.0, then the removal rate decreased slightly as the pH
increased. According to the reaction mechanism of the Fenton reagent, the initial pH could
directly interfere the complex equilibrium system of Fe2+ and Fe3+ in the solution, thereby
affecting the oxidation ability of the Fenton reagent. As exhibited in Figure 4b,c, when
the pH value was 2, the concentration of Fe2+ in the solution was relatively low while the
concentration of H2O2 was relatively high within 30 min before the reaction. Due to the
higher concentration of [H+], the reaction Equation (5) was in a reverse reaction state. Fe3+

reduction to Fe2+ was inhibited in this state, and the catalytic reaction could not proceed
smoothly [36]. As a result, the generation rate of HO• was slowed down, and the oxidation
capacity was reduced. When the pH value was > 3, it was obvious that the removal rate of
COD gradually decreased, mainly due to the increase of OH- concentration, which leads
to the decrease of reaction rate Equation (1), and thus the amount of HO• decreases. As
shown in Figure 4b,c, most of the Fe2+ and H2O2 in the system reacted quickly and were
consumed during the first 10 min. When the reaction time was between 10 and 30 min,
the Fe2+ concentration gradually decreased and tended to be stable. When the pH was
2, 4, and 5, the concentration of H2O2 did not stabilize until 90 min. Notably, the highest
utilization and reaction rate of H2O2 was achieved at pH 3, and the reaction equilibrium
could be reached within 30 min. Therefore, the optimal pH value of this study was 3.0,
which was consistent with the results of other research.

Fe3+ + H2O2 → Fe2+ + H+ + HOO• (5)

3.2. Response Surface Analysis
3.2.1. Regression Model and Analysis of Variance

The results of the RSM model were presented in Table 3, giving the analysis of vari-
ance (ANOVA). It should be noted that the F value (Fisher variation ratio) and p value
(probability value) in the analysis of the variance table were the leading indicators, showing
the significance and adequacy of the model used. p value less than 0.05 means that the
model was significant, while a value greater than 0.10 was usually regarded as a less critical
factor [37]. The ANOVA of this model showed that the F value of lack of fit was 99.01, and
the very low p value of lack of fit was 0.0003 (<0.05), indicating that these parameters in the
model were highly significant. The F value of the regression model was 14.49, and p < 0.05,
which also proved that the regression model was highly significant, and the experiment
was reliable. As can be seen from Table 3, the R-Squared (R2) and Adjusted R-Squared
(Raj2) of the model, respectively, were 0.95 and 0.89, indicating that the regression equation
was highly reliable, which can explain 89% of the response value changes. Since p value
was less than 0.05, A, B, B2, C2 can be regarded as vital terms. In addition, it was clear that
C, A × B, and A × C were considered irrelevant terms. Therefore, the author obtained the
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equation relationship between the response and the variable, which was represented by
the second-order polynomial equation fitting based on the coding factors (A, B, C):

R = 57.33 − 3.88 A + 2.86 B + 0.42 C − 0.29 A × B − 0.85 A × C − 2.87 B × C − 2.53 A2 − 5.76 B2 − 10.50 C2 (6)

where R is the removal of COD, A is the coded value of H2O2 concentration, B is the coded
value of Fe2+ concentration, C is the coded value for pH.

Table 3. Covariance analysis of linear, quadratic and interaction variables of the regression model.

Source Sum of
Squares (SS)

Degree of
Freedom (df)

Mean
Square (MS) F-Value (F) p-Value (p)

Model 906.22 9 100.69 14.94 0.0009
A-[H2O2] 120.51 1 120.51 17.89 0.0039
B-[Fe2+] 65.27 1 65.27 9.69 0.0170

C-pH 1.39 1 1.39 0.21 0.6629
A × B 0.33 1 0.33 0.049 0.8310
A × C 2.89 1 2.89 0.43 0.5334
B × C 33.06 1 33.06 4.91 0.0623

A2 26.94 1 26.94 4.00 0.0857
B2 139.90 1 139.90 20.76 0.0026
C2 464.37 1 464.37 68.92 <0.0001

Residual 47.16 7 6.74
Lack of Fit 46.54 3 15.51 99.01 0.0003
Pure Error 0.63 4 0.16
Cor Total 953.38 16

R2 0.95
Raj2 0.89

The above regression equation can be used to predict the R-value within the range
of the factors in this study. The value and sign of the regression coefficient indicated the
influence of each item on the response. It can be seen from Equation (6) that the item with
the highest regression coefficient in the interaction term was B*C, which indicated that
the interaction term occupies a dominant position in the overall response. The positive
sign of the coefficient indicated a synergistic effect, and the negative sign indicated an
antagonistic effect.

3.2.2. Response Surface Optimization

According to Table 2, the p value of A × B, A × C, and B × C were 0.831, 0.533, and
0.0623, respectively. To further determine the interaction between variables, the model
Equation (1) was used for fitting, and the result was shown in Figure 5. It was clear that the
removal rate of COD increased from 29.20% to 59.30% with the changes of A and B, when
the pH was 3 (code value was 0). A view of Figure 5a,d, at the position of the center point,
the range of A was near the −0.61 level and the range of B was near the 0.25 level. From
Figure 5b,e, at the position of the center point, the range of A was near the −0.65 level and
the range of pH was near the 0.10 level. As described in Figure 5c,f, at the position of the
center point, the range of B was near the 0.25 level and the range of C was near the 0.1 level.
The larger the difference between the coded value of the Center Point and the 0.00 level,
the greater the interaction between the two factors [38]. As explained previously, the order
of the influence of each variable on COD degradation was: A-[H2O2] > B-[Fe2+] > C-pH.
In addition, it was apparent that the interaction between B-[Fe2+] and C-pH had a more
substantial impact.
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3.2.3. Verification of Optimal COD Degradation Conditions

As shown in Figure 6, after linear fitting between the predicted and actual values, the
R2 was 0.95, which showed that the predicted result had a high degree of credibility [39].
With the use of the Fenton process to degrade COD in acrylic fiber wastewater, and through
response surface optimization analysis, the optimal degradation conditions were: (i)the
initial concentration of H2O2 was 60.30 mmol/L; (ii) the initial concentration of Fe2+ was
7.46 mmol/L; (iii) the pH was 3; (iv) COD removal rate was 59.22%. The experiment was
repeated three times under the above-optimized conditions, and the results were presented
in Table 4. Obviously, it can be observed that after treatment, the acrylic fiber wastewater
effluent can meet the secondary discharge requirements of the “Integrated Wastewater
Discharge Standard” (GB4287-2012) [40].). The COD removal rate’s actual and predicted
values were 63.2% and 59.8%, and the error was less than 5%. Therefore, the confidence of
the obtained model was strong.
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Table 4. Removing effect of acrylic fiber wastewater by Fenton process.

Water Quality Index Influent Effluent Emission Limit

pH 5.5 ± 0.2 6.4 ± 0.2 6~9
COD/(mg·L−1) 259.6 ± 8.5 93.3 ± 3.5 200
TOC/(mg·L−1) 92.3 ± 2.5 28.2 ± 0.7 30

NH4
+-N/(mg·L−1) 63.5 ± 2.6 26.4 ± 0.6 25

TN/(mg·L−1) 83.8 ± 3.2 34.5 ± 0.6 50

3.3. Removal Effect of Refractory Organic Matter

In order to evaluate the degradation effect of toxic and difficult-to-degrade organic
pollutants in acrylic fiber wastewater, gas chromatography-mass spectrometry (GC-MS)
was used to detect toxic and hazardous substances in the wastewater. Based on the opti-
mal process conditions (The initial concentration of H2O2 was 60.30 mmol/L, the initial
concentration of Fe2+ was 7.46 mmol/L, the pH was 3), the actual acrylic manufacturing
wastewater was treated by the Fenton method. The results were presented in Figure 7. It
was evident that the chromatographic peaks of most organics in the water after Fenton
treatment were weakened. Moreover, the raw water contained 16 primary organic pollu-
tants, mainly including aromatic hydrocarbons and long-chain alkanes. It can be seen that
the concentration of organic pollutants had been significantly reduced after the Fenton
process, demonstrating that the Fenton process can convert refractory organic matter into
small molecular organics or inorganics [41]. In addition, as shown in Table 5, Undecane,
Diisobutyl phthalate and Dibutyl phthalate still existed in the effluent. We speculated
that Undecane might be the final product of the degradation of long-chain alkanes. In the
Fenton oxidation process, HO• preferentially oxidized small molecular organic compounds,
followed by other large molecular organic compounds [42]. Since Diisobutyl phthalate and
Dibutyl phthalate were macromolecular organic compounds, and the concentration in the
influent was relatively high. As a result, Diisobutyl phthalate and Dibutyl phthalate in
the effluent was not wholly removed. Notably, the Fenton process can remove most of the
refractory organic matter in acrylic fiber wastewater.
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Table 5. The main organic pollutants.

Number
Peak Time

(min)
Organic Matter Structural Formula Molecular

Formula
The Degree
of Match (%)

Occasion
Influent Effluent
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7 33.656 Diisobutyl phthalate 

 

C16H22O4 90 √ √ 

8 35.535 Dibutyl phthalate 

 

C16H22O4 94 √ √ 

9 40.446 2,6-diphenylpyridine 

 

C17H13N 97 √  

10 43.488 Tetracosane  C24H50 98 √  

11 44.882 Benzo(H)quinoline 

 

C15H13N 50 √  

12 45.073 Heneicosane  C21H44 93 √  

13 45.51 
DEHP, di-(2-

ethylhexyl) phthalate. 

 

C16H22O4 90 √  

14 
46.617 
48.100 
49.528 

Hexacosane  C26H54 98 √  

15 
50.907 
53.703 

Octacosane  C28H58 98 √  

16 52.240 Eicosane  C20H42 98 √  

C28H58 98
√

16 52.240 Eicosane
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3.4. Mechanism Analysis

In brief, the degradation of acrylic fiber wastewater by the Fenton process was based
on the HO•, which can degrade organic pollutants through oxidation, generated during
the electron transfer process between H2O2 and a homogeneous metal catalyst (Fe2+) [43].
Equations (1)–(5), (7)–(9) described the essential reactions in the Fenton process [2,44–47].
The production of HO• represented the beginning of the process, which the interaction of
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Fe2+ with H2O2 Equation (1). Meanwhile, the generated Fe3+, which were reduced to Fe2+

by H2O2, undergo a Fenton-like reaction Equation (5). When there were too many Fe2+, it
would react with HO• to produce Fe3+ Equation (3). Therefore, Equations (1) and (3) were
the primary sources of Fe3+. Excessive H2O2 reacted with HO• to generate HOO•, which
oxidation activity was lower than HO•.

A large amount of HOO• was consumed through reacting with Fe3+, Fe2+, and HO•
Equations (7)–(9), enabling an effective cyclic mechanism of Fe3+ and Fe2+.

Fe3+ + HOO• → Fe2+ + H+ + O2 (7)

Fe2+ + HOO• → Fe3+ + HO2
− (8)

HOO• + HO• → H2O + O2 (9)

In addition, a great deal of HO•, which had high oxidation, was produced through
the above reaction. In order to demonstrate that the degradation of acrylic acid wastewater
is based on the oxidation of HO•, HO• scavenging experiments based on the degradation
of acrylic acid wastewater by Fenton system were carried out. It has been shown that
isopropyl alcohol reacts rapidly with HO- and competes with the target substrate, thus
effectively inhibiting the reaction of the target substrate with HO• [48]. Therefore, in this
experiment isopropyl alcohol (IPA) was used to remove the active species associated with
the degradation of organic matter. Figure 8 shows the effect of using different concentrations
(0%, 2%, 6%, 10%) of isopropanol on the degradation of organic matter in acrylic acid
wastewater based on the optimal fenton process conditions (mentioned in Section 3.2.3).
As can be seen from Figure 8, the inhibition effect of isopropanol is obvious, with 2%,
6%, and 10% isopropanol almost completely inhibiting the degradation of organics. It
indicates that HO• is the main active species in this Fenton system for the degradation of
organic matter. Therefore, the mechanism in the degradation process of organic matter
in acrylic wastewater was speculated as follows. In the presence of organic molecules
(RH) from acrylic manufacturing wastewater, the generated HO• attacked the organic
molecules by absorbing protons, producing highly reactive organic radicals (R•), which
could be further oxidized to generate ROH Equations (10) and (11) [20,43,49]. Further,
ROH was oxidized by HO• to form R1OOH and R2H to achieve the conversion of organic
macromolecules to organic small molecules Equations (10) and (11). In addition, R1OOH
was easily oxidized by HO• to form smaller molecular weight organic matter (R3H), H2O
and CO2 Equation (12). The efficient degradation of organic matter in acrylic wastewater
was achieved through the oxidation reactions of Equations (10)–(13) (where R, R1, R2, and
R3 represent one or more products in the degradation stage). Furthermore, H2O2 was
generated via a reaction among HO• Equation (14).

HO• + RH→ R• + H2O (10)

HO• + R• → ROH (11)

HO• + ROH→ R1OOH + R2H (12)

HO• + R1OOH→ R3H + CO2 + H2O (13)

HO• + HO• →H2O2 (14)
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tion of 7.44 mmol/L; (iii) pH of 3. The predicted degradation efficiency of the model 
equation was 59.8%, and the actual COD degradation rate was 63.2%. 

2) The deviation between the actual and fitted model values was less than 5%, indicat-
ing that the model equation had a high degree of credibility. According to the analy-
sis of the influence of factors and variables, it can be seen that the influence order of 
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Figure 8. Effect of HO• scavenger on the degradation of organic matter in acrylic acid wastewater.

The mechanism for the degradation of acrylic manufacturing wastewater by the
Fenton process is explained in Figure 9. The chain reaction can continue until the H2O2
was completely consumed because Fe2+ acted as a catalyst and transmitter in the reaction.
Various free radicals and intermediate substances, such as HOO•, Fe3+ and HO•, were
generated during the reaction as the nodes of the chemical reaction chain. In addition,
Fe3+ was readily hydrolyzed and forms complexes. The flocculation and precipitation
processes of these complexes also played an important role in removing organic matter. The
degradation of organic matter was achieved through a series of reactions as described above.
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4. Conclusions

(1) The optimization analysis combined with the response surface method showed that
the optimal degradation conditions for acrylic fiber wastewater using the Fenton
method are: (i) initial H2O2 concentration of 60.90 mmol/L; (ii) initial Fe2+ concentra-
tion of 7.44 mmol/L; (iii) pH of 3. The predicted degradation efficiency of the model
equation was 59.8%, and the actual COD degradation rate was 63.2%.

(2) The deviation between the actual and fitted model values was less than 5%, indicating
that the model equation had a high degree of credibility. According to the analysis
of the influence of factors and variables, it can be seen that the influence order of the
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three factors was [H2O2] > [Fe2+] > pH. In addition, the interaction between [Fe2+]
and pH had the most significant impact on the degradation of COD.

(3) For the actual acrylic fiber wastewater treatment, the removal rate of COD, TOC,
NH4

+-N, TN is 61.45%~66.51%, 67.82%~70.99%, 55.67%~60.97%, 56.45%~61.03%,
respectively. The effluent met the textile dyeing and finishing industry water pollutant
discharge standard “GB4287-2012”. The COD, TOC, NH4

+-N, and TN were decreased
to 93.3 ± 3.5 mg/L, 28.2 ± 0.7 mg/L, 26.4 ± 0.6 mg/L, 34.5 ± 0.6 mg/L, respectively.

(4) HO• generated during electron transfer between H2O2 and Fe2+ effectively decom-
pose organic pollutants in acrylic production wastewater. In this case, 13 kinds of
aromatic hydrocarbons and long-chain alkanes in acrylic fiber wastewater had been
effectively removed.
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Abstract: Oil leakage occurs at fuel service stations due to improper storage, which pollutes soil and,
subsequently, can reach the groundwater. Many compounds of petroleum-derived fuels pose hazards
to aquatic systems, and so must be treated to guarantee clean and safe consumption, which is a right
proposed by the United Nations in their Sustainable Development Goal 6 (SDG 6: Clean Water and
Sanitation). In this study, contaminated groundwater with emerging pollutants by petroleum-derived
fuel was electrochemically treated in constantly mixed 0.5 L samples using three different anodes:
Ni/BDD, Ti/Pt, Ti/RuO2. Parameters were investigated according to chemical oxygen demand
(COD), energy consumption analysis, by applying different electrodes, current densities (j), time,
and the use of Na2SO4 as an electrolyte. Despite a similar COD decrease, better degradation was
achieved after 240 min of electrochemical treatment at Ti/RuO2 system (almost 70%) by applying
30 mA cm−2, even without electrolyte. Furthermore, energy consumption was lower with the RuO2

anode, and greater when 0.5 M of Na2SO4 was added; while the order, when compared with the
other electrocatalytic materials, was Ti/RuO2 > Ti/Pt > Ni/BDD. Thereafter, aiming to verify the
viability of treatment at a large scale, a pilot flow plant with a capacity of 5 L was used, with a
double-sided Ti/RuO2 as the anode, and two stainless steel cathodes. The optimal conditions for the
effective treatment of the polluted water were a j of 30 mA cm−2, and 0.5 M of Na2SO4, resulting
in 68% degradation after 300 min, with almost complete removal of BTEX compounds (benzene,
toluene, ethyl-benzene, and xylene, which are found in emerging pollutants) from the water and
other toxic compounds. These significant results proved that the technology used here could be an
effective SDG 6 electrochemical-based solution for the treatment of groundwater, seeking to improve
the quality of water, removing contaminants, and focusing on Brazilian environmental legislations
and, consequently, converting pollutants into effluent that can be returned to the water cycle.

Keywords: anodic oxidation; BTEX; groundwater pollution; electrochemical oxidation; sustainable
development goals

1. Introduction

Groundwater refers to any amount of water located below the earth’s surface, consti-
tuting an important water reserve for consumption, mainly for regions where there are
waterbodies unable to meet the needs of the population [1]. The importance of preserving
and/or recovering these water systems is essential for both the current society and future
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generations in order to accomplish the Sustainable Development Goals (SDGs) proposed
by the United Nations (UN). SDG 6 regards ensuring availability and sustainable manage-
ment of water and sanitation for all, seeking to attend not only drinking water, but also
water harvesting, water efficiency, desalination, wastewater treatment, recycling, and reuse
technologies [2]. According to the UN, the way to promote this goal by 2030 is through the
implementation of the following targets: (i) to achieve safe and affordable drinking water;
(ii) sanitation and hygiene and end open defecation; (iii) improve water quality, wastewater
treatment, and safe reuse; (iv) increase water-use efficiency and ensure freshwater sup-
plies; (v) implement integrated water resources management; and (vi) protect and restore
water-related ecosystems [3].

However, several industrial and human activities (e.g., population growth, the in-
creasing demand for energy consumption, the exploitation of natural resources, and the
inappropriate disposal or storage of products harmful to human health) have caused
significant pollution problems, such as the contamination of rivers and groundwater, subse-
quently provoking negative environmental impacts that can affect the whole ecosystem [4].
Some recalcitrant and hazardous contaminants such as polycyclic aromatic hydrocarbon
(PAH), polychlorinated biphenyl (PCB) [5], BTEX compounds [6], and trichloroethylene [7]
are frequently identified in polluted groundwater.

Conventional water treatment methods (wet-air oxidation, Fenton type processes, su-
per critical water oxidation, photocatalysis, adsorption, etc.) attend to the problems related
to SDG 6 in several sectors, but sometimes these approaches can be operationally intensive,
chemically severe, and energetically expensive. Therefore, the design and development
of environmentally innovative SDG 6 solutions [8,9] have been significantly stimulated.
In the last years, electrochemical advanced oxidation technologies have received great
attention because these processes are considered feasible alternatives to prevent or solve
many environmental problems related to water pollution [10,11]. At the same time, the
use of renewable technologies as the main electrical energy source, instead of the conven-
tional electrical supply, has extended the applicability of these approaches in different
water-security sectors [12,13].

This type of SDG 6 technology efficiently eliminates a great number of persistent
organic pollutants [14–16] and microorganisms by promoting the in-situ electrogeneration
of oxidizing species. Among the SDG 6 electrochemical-based solutions, anodic oxidation
(AO) or electrooxidation (EO) is the most popular approach to be considered since it is a
robust, easy, safe, and eco-friendly water treatment solution [15,16]. Based on their electro-
catalytic fundamentals, AO can follow two ways on the oxidation of organic pollutants at
the anodic surface (M) by direct electron transfer and/or more quickly by the reaction with
the •OH which were formed from the oxidation of water (Equation (1)) [15,17,18]:

M + H2O→M(•OH) + H+ + e− (1)

The amount of the electrogenerated heterogenous free •OH depends on the electrocat-
alytic material used, like active (e.g., Pt, IrO2, and RuO2) and non-active (e.g., PbO2, SnO2,
and boron-doped diamond (BDD)), favoring the conversion of organics into by-products
(due to lower amounts of free •OH, occurring direct oxidation) or promoting the complete
incineration of pollutants to CO2 and water (due to the higher amount of free •OH, once
indirect oxidation takes place) [10,19,20]. Although non-active anodes are frequently used
because they are more effective to degrade different pollutants (ranging from µg L−1 to g
L−1 [16,21]) in various water matrices [22–26], significant advances in strategies for prepar-
ing/synthesizing novel electrocatalytic materials have been achieved to replace non-active
anodes [26,27] as well as to develop/design innovative electrochemical reactors aiming to
successfully translate from laboratory cells to pilot scale-up [28,29].

Therefore, this work aims to evaluate the efficiency of the electrochemical degradation
of groundwater contaminated by fuel leak underneath a gas station at different anodic
materials (Ti/RuO2, Ti/Pt, and NB/BDD), in a batch stirring cell, applying 10, 30, and
60 mA cm−2 at 25 ◦C. After that, an electrocatalytic material was selected to scale up
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the electrochemical system aiming to study the effective assessment of the water quality
with an innovative SDG 6 electrochemical-based solution to treat 5 L of fuel polluted-
groundwater using a reactor with 286 cm2 of geometrical area. The scaling up of the
electrochemical device intends to prove that this technology could be an effective solution
for water treatment, fulfilling SDG 6 via the improvement of the quality of water and
returning it to the water cycle.

2. Materials and Methods
2.1. Characterization of Groundwater Effluent

The yellowish groundwater sample was collected in areas of fuel recovery stations in
Natal city, in the northeastern Brazilian region, by trained technicians of the Universidade
Federal do Rio Grande do Norte, approximately 10 m below the water level, and removing
the supernatant oil. Different chemical compounds in the collected sample were identified
and quantified by gas chromatography—mass spectroscopy (GC—MS) technique using
commercially available standard compounds. EPA standard method 8021 was used to
evaluate the sample by GC with a serial detector CG-PID/FID, column OV624 (gas flow:
3.0 mL min−1), with initial temperature of 40.15 ◦C/1.0 min, after 10 ◦C/min to 150 ◦C,
with a total analysis time of 32 min. Split-less injector temperature was 250 ◦C, lamp
temperature (PID) was 280 ◦C, and detector FID was 300 ◦C. Before the GC—MS analysis,
the samples were treated by solid-phase micro-extraction (SPME) with an 85 µm film
of poly-(dimethylsiloxane) fiber. Once the extraction was completed (10 min), the fiber
was withdrawn back inside the fiber holder, removed from the reaction sample, and then
injected by a 1:25 split method. The temperature of the transfer line was 240 ◦C, the ions
trap was 170 ◦C, and the desorption time in the split-less mode at 260 ◦C was 3 min. Other
physical-chemical characteristics were also measured (Table 1).

2.2. EO Experiments

Two electrochemical reactors were used to perform the bulk-electrolysis: (i) a conven-
tional laboratory cell with a capacity of 0.5 L (Figure 1a) and (ii) an electrochemical pilot
flow cell with a capacity of 5 L (Figure 1b). In the former, AO experiments were carried
out under galvanostatic conditions using a MINIPA MPL-3305M power supply with Ti/Pt,
Ti/RuO2, or Nb/BDD as anodes, and a titanium plate as the cathode (each one of them
with a geometrical area of 13.5 cm2; and an electrode-gap of 1.5 cm) by applying 10, 30, and
60 mA cm−2 at 25 ◦C; while an electrochemical flow cell with a double-sided RuO2 anode
and two stainless steel plates as the cathodes (each one of them with a geometrical area
of about 286 cm−2 and electrode-gaps of 3 cm) were used for electrochemically treating
polluted-groundwater effluent, which was recirculated by the pilot plant using a pump
with a flow rate of 153 L h−1, by applying 30 mA cm−2 at 25 ◦C (experimental conditions
were established by the preliminary experiments with batch cell) in the latter.

2.3. Analytical Methods

Polluted-groundwater decontamination was monitored from its chemical oxygen
demand (COD) and total organic carbon (TOC) reductions, determined on a Hanna In-
struments HI 83399 multiparameter photometer and TOC analyzer (Analytik Jena model
multi-N/C 3100, by injecting 30 mL aliquots), respectively. On the one hand, COD mea-
surements were determined by using 2 mL of effluent sample in pre-prepared kit HANNA
solutions which remained 2 h under the digestion process at 150 ◦C into a thermo-reactor
(HANNA model HI 839800). On the other hand, BOD5 was measured using an OxiTop®

system (manometric respirometry). Another method for organic analysis is according to
the specific ultraviolet absorbance at 254 nm (SUVA254, L mg−1 m−1), which can be used as
an indicator of aromaticity and chemical reactivity for aquatic organic matter samples from
a wide range of water sources. It is obtained by dividing the UV absorbance at 254 nm
(m−1) of samples by TOC values (mg L−1) [30]. Finally, pH conditions were monitored
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using a Nova Instruments pH-meter HANNA and the conductivity was measured with an
Electrical Conductivity meter model HI4321.
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Figure 1. Electrochemical reactors: batch mode (a) and the flow cell (b) with the Ti/RuO2 anode
placed in the middle of the reactor (b.1), and the opened reactor detailing the two stainless steel plates
as cathodes.

The discoloration was determined by measuring the absorbance reduction with a
Shimadzu UV 1800 spectrophotometer during the AO tests of groundwater effluent at
different applied current densities. Wavelength peaks at 436, 525, and 620 nm were taken
from the UV-Vis spectrum between 200–800 nm, and then DFZy calculation was made
according to Equation (2) following the method DIN EN 7884:2012 [31].

DFZy = 100 ×
(

Ey

d

)
(2)

where Ey is the absorbance at a y wavelength and d is the cell path length in cm.

2.4. Electrochemical Flow Reactor Characterization

The electrochemical flow reactor was hydrodynamically characterized by the limiting
diffusion current technique. Potassium ferricyanide (K4Fe(CN6)) solutions, ranging from 20
to 80 mmol L−1 in 0.5 mol L−1 NaOH, were electrolyzed with a flow rate of 153 L h−1, and
the potential-current profiles for the oxidation-reduction reactions (Equations (3) and (4))
were determined by increasing the voltage stepwise.

Fe(CN)6
3− + e− → Fe(CN)6

4− (3)

Fe(CN)6
4− → Fe(CN)6

3− + e− (4)

Then, polarization curves were obtained and plotted to estimate the limiting currents
at each one of the ferricyanide (K4Fe(CN6)) solutions at different concentrations [32]. From
the slope value obtained by the profile limiting current vs. redox couple concentration, the
mass-transfer coefficient of the reactor was estimated by Equation (5).

km =
iL

zFAC∞
(5)
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km is the mass-transfer coefficient (m s−1), iL is the electrolysis limiting current (A), z
is the electrons transfer in the redox reaction (for this redox pair, 1), F is the Faraday
constant (96,487 C mol−1), A is the electrode surface area (m2), and C∞ is the bulk species
concentration (mol dm−3).

3. Results
3.1. Effluent Characterization

GC—MS results (see Table 1) showed that the concentrations of benzene, toluene,
ethylbenzene, xylene (called BTEX), and phenol in the groundwater collected-sample were
higher than the maximum allowed for human consumption, as well as 230 mg L−1 of COD.
Furthermore, other physical characteristics were measured and reported in Table 1.

3.2. Influence of the Applied j and the Effect of Different Anode Materials Using the Batch Reactor

Electrocatalytic material and current density (j) are two of the main operating pa-
rameters that determine the effectiveness of the decontamination of water matrices by
electrochemical advanced oxidation processes (EAOPs). A higher concentration of oxi-
dizing species can be electrochemically generated, and higher pollutant degradation can
be attained, depending on the anode and j selected. Therefore, it is essential to study the
anodic material and j effects in order to determine the degradation efficiency of the SDG
6 electrochemical-based solution proposed here, since there are electrodes and j values
that promote undesirable parasitic reactions, leading to similar or even lower pollutant
removal [33]. To do that, Ti/RuO2, Ti/Pt, or Nb/BDD anode were used in a batch reactor to
investigate the effect of the j on the EO of groundwater by applying 10, 30, and 60 mA cm−2

at 25 ◦C.

Table 1. Physical-chemical characterization before EO treatment of groundwater collected sample.

Parameter Before Treatment MAV a

pH 6.59 -

Conductivity (mS cm−1) 0.292 -

Phenol content (µg L−1) 6 3

Benzene (µg L−1) 96.6 5

Toluene (µg L−1) 2441 170

Ethylbenzene (µg L−1) 925.5 200

Xylene (o-, p- and m-) (µg L−1) 5435.5 300

BOD (mg L−1) 80.5 -

COD (mg L−1) 230 -

TOC (mg L−1) 91.5 -

Total petroleum hydrocarbons
(TPHs) (mg L−1) 4.66 -

Color (DFZ at 436, 525, and
620 nm, respectively) 9.5, 6.5, 4.9 -

Absorbance at 254 nm (AU) 0.714 -

SUVA254 0.78 -

Turbidity (NTU) 7.9 -
Note: a Maximum allowed value for groundwater (human consumption) based on current legislation in
Brazil [34].

Figures 2 and 3 show that both factors (type of electrode and j) significantly influence
the COD decay, using a batch stirring reactor with 0.5 L of effluent (the lines represent the
trend of the symbols, which are the real values). As can be observed, no complete organic
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matter removal was attained independently of the anodic material and j, respectively. By
applying 30 mA cm−2, 78.3%, 81%, and 78.2% of COD removals were achieved at Ti/RuO2,
Ti/Pt, and Nb/BDD anodes, respectively. Meanwhile, COD removals of about 75.6% and
77% were reached for Ti/RuO2 and Ti/Pt, respectively, by applying 60 mA cm−2. This
decrease in efficacy was associated with the promotion of the oxygen evolution reaction
over organics oxidation at higher j due to the anodic electrode used, such as Ti/RuO2 and
Ti/Pt, which are considered active anodes. Conversely, ineffective COD removals were
achieved at 10 mA cm−2 because a lower concentration of free •OH radicals is produced
at Ti/RuO2 and Ti/Pt electrodes. COD results preliminarily evidenced that the process is
potentially controlled by mass transport conditions at all electrocatalytic materials because
of the concentration of pollutants, type of electrocatalytic material, undesired reactions
at higher j (e.g., oxygen evolution reaction), and the flow-hydrodynamic cell conditions.
Nevertheless, the mass transport conditions affecting the process at Ti/RuO2 and Ti/Pt
electrodes seem to be more significant than diamond electrode. In fact, COD removal
increased approximately 4.2% and 10.1% by applying 60 mA cm−2 from the removal
efficiencies achieved at 30 and 10 mA cm−2, respectively, when the BDD electrode was
used. This behavior is due to the physisorbed •OH, which are efficiently electrogenerated
via water discharge (Equation (1)) at the non-active diamond surface, and confined close
to the anode surface in the reaction cage, favoring the degradation of organic matter and,
consequently, achieving the best oxidation performances compared with the others [35,36].
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Figure 3. Influence of the electrocatalytic material (Ti/RuO2 ; Ti/Pt ; Nb/BDD ) on COD decay
as a function of time, when Na2SO4 was added to the real water matrix by applying 30 mA cm−2 at
25 ◦C.

The results have indicated that the degradation of the pollutants present in the effluent
was mainly controlled by mass transport in several cases (at Ti/RuO2, Ti/Pt, and Nb/BDD
anodes) because, independently of the j and the exponential, COD decayed at the beginning
of the electrolysis; it remained almost stable in the last 150 min of the treatment. This be-
havior was also confirmed by the estimation of the limiting current (Ilim) value, considering
the initial COD as well as the hydrodynamic conditions of the batch cell (Equation (5)), as
already reported in our previous work.

Ilim(t)= 4FAkmCOD(t) (6)

where Ilim(t) is the limiting current (A) at a given time t, 4 is the number of exchanged
electrons, A is the electrode area (m2), F is the Faraday’s constant, km is the average mass
transport coefficient in the electrochemical reactor (m s−1), and COD(t) is the chemical
oxygen demand (mol O2 m−3) at a given time t.

An Ilim of 0.11 A was estimated, considering a km of 1.9 × 10−5 m s−1. This current
value is lower than all the currents applied in this work (0.14, 0.41, and 0.82 A for 10, 30, and
60 mA cm−2, respectively), confirming that the AO technology, under these conditions, is
taking place under mass transport control. On the other hand, Ilim of 0.11 A is significantly
lower than 0.81 (value estimated for the j of 60 mA cm−2), which explains the fact that
there was not a significant enhancement at higher j, as a consequence of a higher charge
which was consumed in parasite non-oxidizing reactions such as oxygen evolution. These
assumptions, treating a real water matrix, are in agreement with various studies [37–39]
about the EO of real wastewater. Based on the results obtained, a j of 30 mA cm−2 was
selected as the optimum value to be applied in a new set of experiments by adding Na2SO4
as a supporting electrolyte where the effects of the reduction of COD were studied with
Ti/RuO2, Ti/Pt, and Nb/BDD anodes.
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3.3. Comparative Groundwater EO Using Different Anodes Adding Sulfate as
Supporting Electrolyte

In accordance with other studies [40–42], the addition of salts such as NaCl or Na2SO4
in real effluent favors an increase in conductivity, having a positive effect on the degradation
of organic matter. On the one hand, the water discharge is favored (Equation (1)), producing
•OH; while, on the other hand, the electrogeneration of additional oxidizing species is
promoted by the oxidation of salt precursors, such as NaCl or Na2SO4 [43], enhancing the
elimination of pollutants from water matrix. In this sense, a known amount of Na2SO4 was
added to 0.5 L achieving a concentration of about 0.5 M.

In the case of Ti/RuO2 and Ti/Pt, •OH are strongly adsorbed on their surfaces, higher
oxides are formed (Equation (7)), which participate as a mediator (Equation (8)) in the
selective oxidation of organics, R (so-called electrochemical conversion), which occurs
in concomitance with oxygen evolution (Equation (9)), as a side reaction, affecting the
efficiency of the EO process.

M(•OH)→MO + H+ + e− (7)

MO + R→M + RO (8)

MO→M +
1
2

O2 (9)

In this sense, direct electrochemical oxidation at Ti/RuO2 and Ti/Pt surfaces is prefer-
entially favored (direct electron transfer from the organics to the anode surface), limiting
the effectiveness of the process. Conversely, when the Nb/BBD anode is used, the •OH are
weakly adsorbed on its surface, rapidly reacting with the organic molecules, consequently
leading to electrochemical incineration (CO2, and water (Equation (10)).

M(•OH) + R→M + m CO2 + n H2O + x H+ + y e− (10)

This reaction also competes with the side reaction of O2 evolution (Equation (11)),
which can significantly affect the efficiency of the electrolytic treatment.

M(•OH)→M +
1
2

O2 + H+ + e− (11)

Considering the information above and the results in Figure 4, the partial elimina-
tion of COD in all electrodes is a consequence of the formation of byproducts during the
electrochemical treatment of the real water matrix by applying 30 mA cm−2, even when
the effluent conductivity was increased due to the addition of Na2SO4. Additionally, the
promotion of the oxygen evolution reaction (Equation (9)), as an undesired reaction, can be
favored at Ti/RuO2 and Ti/Pt electrodes when the conductivity is increased, consequently
limiting the elimination of organics. Meanwhile, the slight organics removal improvement
of the effluent when BDD was used and Na2SO4 added could be associated with the
electrochemical production of sulfate-based oxidants, such as SO4

•− and S2O8
2−. Their

formation, via direct or indirect electrosynthetic routes, depends on the BDD surface prop-
erties, electrolyte medium, its concentration, and the current or potential applied [44–47]
(Equations (12)–(16)).

2SO4
2− → S2O8

2− + 2e− (12)

SO4
2− + •OH→ SO4

−• + H+ + e− (13)

HSO4
− + •OH→ SO4

−• + H2O (14)

H2SO4 + •OH→ SO4
−• + H3O+ (15)

BDD(SO4
−•) + SO4

−• → S2O8
2− (16)
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This mix of oxidants remains at the reaction cage (BDD-•OH/SO4
•−/S2O8

2−), oxi-
dizing several organic pollutants in different water matrices [44,48], deactivating microor-
ganisms [47,49], and depolluting soil matrices (by using soil washing, electrokinetic soil
remediation, or soil flushing) [50,51]. However, ionic species in the water matrices could
act as scavengers, trapping the oxidants and, consequently, reducing their oxidative ac-
tion [24,52], like Cl−, HCO3

2−, and others. Therefore, the effectiveness of the process was
also evaluated by the organic matter degradation (COD) and mineralization (TOC).

In terms of COD removal, as can be observed in Figure 3, no significant removals
were achieved (ranging from 75–80%) by applying 30 mA cm−2 when sulfate was added
in the effluent. Comparable efficiencies were achieved without the addition of sulfate in
the effluent (78.26%, 81%, and 78.2% of COD removals were achieved at Ti/RuO2, Ti/Pt,
and Nb/BDD anodes, respectively), under similar experimental conditions. Nevertheless,
some differences were observed when the mineralization removal was determined by TOC
measurements (Figure 4). As can be observed, Ti/RuO2 anode efficiently mineralized the
organic matter, reaching approximately 64.61%. Meanwhile, Ti/Pt and Nb/BDD anodes
achieved about 54.20 and 51.74% of TOC removals, respectively. This behavior can be
associated with the electrode deactivation of surface and oxidants scavengers. In the
former, Pt surface can be deactivated due to the adsorption of BTEX compounds or their
oxidation byproducts [42]; while the oxidants electrogenerated at BDD could be trapped by
the scavenger species in the water matrix, in the latter. Conversely, the enhancement on
the mineralization at Ti/RuO2 can be related to the occurrence of direct electrochemical
oxidation of organics and byproducts at its surface (without surface deactivation), in
concomitance with the oxygen evolution reaction.

Thus, with these results, and aiming to understand the energy requirements needed
in terms of kWh gCOD−1 to evaluate the feasibility of the process, energy consumption
was estimated by using Equation (17).

EC (kWh (gCOD)−1) = (Ecell × I × t)/(∆(COD)exp × Vs) (17)

where Vs is the solution volume (L), I refers to the current intensity (A), ∆(COD)exp
(g O2 L−1) refers to the difference between initial COD and COD at time t, t to the electroly-
sis time in hours, and Ecell to the average potential difference of the cell (V). Table 2 reports
the EC values for all experimental conditions, in the absence and presence of sulfate in
the effluent.
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Table 2. Energy consumption values (kWh gCOD−1), as a function of j and electrocatalytic mate-
rial, after 240 min of electrochemical treatment, adding or not adding Na2SO4 in the effluent, and
considering approximately between 75–80% of COD removal.

j (mA cm−2)

Electrode 10 a 30 a 60 a 30 b

Ti/RuO2 0.023 0.068 0.174 0.050

Ti/Pt 0.020 0.073 0.195 0.068

Nb/BDD 0.028 0.098 0.272 0.085

Note: a without Na2SO4;
b with Na2SO4.

It was possible to observe that, as the j was increased, the energy consumption sig-
nificantly increased. After 240 min of EO, the tests with Ti/RuO2 adding Na2SO4 (COD
removal = 75%) and without Na2SO4 (COD removal = 78%) lead to lower energy consump-
tions of 0.068 and 0.050 kWh kgCOD−1, respectively, by applying 30 mA cm−2. Meanwhile,
for the experiments using Ti/Pt and Nb/BDD, in the presence and absence of sulfate, more
substantial electrical requirements are needed to achieve at least 78% of organic matter
removal. Although the EO experiments with BDD seem to be optimal in terms of organic
matter removal, the use of oxide-based electrodes could be more eco-technologically suitable.

Another feature that should be considered is that the two-electrode cell operating
under galvanostatic mode serves to provide only general information about the electrical
requirements of each EO assay and, consequently, the economic costs. Although this cell
option has specific benefits, it could offer apparent experimental conditions that are not
reproducible and not completely fixed; consequently, the EO behavior is difficult to be
scaled. In this sense, an electrochemical flow reactor is the most appropriate strategy to
scale up the water SDG 6 solution because it allows for improving the electrode size, batch
recirculation mode operation, the use of more economic electrode materials and shapes, and
their components are suitable to be produced in large amounts. For this reason, Ti/RuO2
electrode was chosen for upgrading the EO process.

3.4. EO of Groundwater at the Pre-Pilot Plant

The mass transfer characterization of the pre-pilot plant was firstly performed (Figure 1).
Then, the polarization curves (current response vs. voltage) were registered during
electrolysis, in the electrochemical flow reactor, of different solutions of ferricyanide
(i.e., 20–80 mol m−3) in 0.5 mol L−1 NaOH at a constant flow rate of 4.25 × 10−5 m3 s−1.
As can be observed from Figure 5, well-defined limiting current-profiles were achieved at
all polarization curves. It is clear that the limiting current increased when an increase in the
concentration of ferricyanide solution was attained. This behavior indicated that the mass
transfer rate at the electrode surface depends on the concentration of ions in the electrolyte.
By plotting the limiting current profiles, as a function of the ferricyanide concentration, a
linear relationship was reached (inset in Figure 5) and, consequently, the experimental km
was estimated by Equation (5).

Mass-transfer rate was approximately 8.8 × 10−6 m s−1; this shows that the design
allowed a good migration of ferricyanide ions towards the electrode surface during electrol-
ysis due to its design and hydrodynamic conditions. However, the value of km obtained with
the batch cell was slightly higher than the pre-pilot plant (1.9 × 10−5 and 8.8 × 10−6 m s−1,
for batch and flow cells, respectively), reaching better mass transfer in the former config-
uration. This behavior is completely associated with the residence-solution time on the
reaction compartment, which is lesser at the pre-pilot plant than that probably attained at
the batch cell. It is important to also state here that the treated-effluent volume is different
at both cells, and it significantly influences the km as well as the hydrodynamic reactor
configuration. In the electrochemical flow cell, the variation of km may not necessarily
result in significant treatment efficiency for complex organics dissolved in the groundwater
polluted by the fuel station.
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In this frame, the electrochemical treatment was extended to 5 L of polluted-groundwater
effluent with Na2SO4 (≈0.5 M) using a pilot plant with Ti/RuO2 double-side anode by
applying 30 mA cm−2 at 25 ◦C to verify its viability for an industrial scale. As cathodes,
two stainless steel plates were used. Figure 6 shows that the degradation of organic matter
in the real effluent reached about 68% after 300 min of treatment. This behavior is mainly
due to the reaction of the organics in the effluent with •OH at the RuO2 surface as well as
the hydrodynamic conditions of the reactor and the increase in the conductivity by adding
Na2SO4. By determining COD removal, 87% was achieved, evidencing the effectiveness of
SDG 6 electrochemical-based solution to eliminate dissolved organics in groundwater. The
concentration of some pollutants after the treatment was efficiently reduced (see Table 3).
Discoloration was also achieved by using the pre-pilot plant (Figure 6 and Table 3), giving
general information about the elimination of organics from the effluent, especially when
dealing with real matrices and/or advanced oxidation/reduction technologies. The chro-
mophore groups, which are part of the molecules responsible for the effluent color, are
fragmented during the electrochemical treatment via the participation of oxidizing species,
consequently promoting a reduction of the color. However, spectral interferences can be at-
tained during the spectrophotometric measurements due to the formation of intermediates
and water matrix components (e.g., natural organic matter, inorganic species), which may
absorb radiation at the wavelength of the target organic pollutants. An average of 65% of
color abatement is achieved with this methodology of treatment (Table 3), which means
that the yellowish color of the wastewater disappears during the 5 h oxidation. However,
an increment of SUVA254 value occurs, probably due to the difficulty in the removal of
recalcitrant aromatic compounds, evidenced by the maintenance of TOC values even with
a large COD decrease. This behavior is normal in real wastewater matrices [39,53]. Finally,
considering the Ecell, electrolysis time (300 min), and COD removal, 2.53 kWh kg COD−1

was necessary to efficiently reduce the concentration of main pollutants and other dissolved
organics (see Table 3).
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Figure 6. Wavelength spectrum and TOC decay (inset), as a function of time, of 5 L of polluted
groundwater effluent by applying 30 mA cm−2 at 25 ◦C in presence of Na2SO4 (≈0.5 M), with the
pilot plant with Ti/RuO2 double-side anode.

Table 3. Physical-chemical characterization after EO treatment at the pre-pilot plant with a Ti/RuO2

double-sided anode.

Parameter Before Treatment After Treatment MAV a

COD (mg O2 L−1) 230 30 -

TOC (mg C L−1) 91.5 36.7 -

pH 6.59 6.72 -

Phenol content (µg L−1) 6 <1 3

Benzene (µg L−1) 96.6 <1.5 5

Toluene (µg L−1) 2441 <1.5 170

Ethylbenzene (µg L−1) 925.5 <1.5 200

Xylene (o-, p- and m-) (µg L−1) 5435.5 500 300

PAHs (mg L−1) 4.66 4 -

Color (DFZ at 436, 525, and 620 nm) 9.5; 6.5; 4.9 3.5; 2.2; 1.7 -

Absorbance at 254 nm (AU) 0.714 0.402

SUVA254 0.78 1.09 -
Note: a Maximum Allowed Value for groundwater (human consumption) based on current legislation in
Brazil [34].

4. Conclusions

The electrochemical oxidation treatment of polluted groundwater proposed in this
work is proper for the efficient removal of color and organics of major concern from the
environment, which is in agreement with SDG 6 (i.e., depollution of water, sanitation, dis-
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infection, water treatment, as well as their specialized use for monitoring pollutants) [8,54].
The comparative analysis of organics removal of effluent was performed by employing
three different anodes (Ti, Ru, and BDD) while varying the current density, in addition
to the use of Na2SO4 as an electrolyte. Less energy consumption was identified with the
Ti/RuO2 anode, besides higher mineralization. In this way, the viability of industrial-scale
treatment of water with the same characteristics as shown in this work is demonstrated
by employing a pre-pilot with a Ti/RuO2 double-sided anode, 0.5 M of Na2SO4 as the
electrolyte, and at 30 mA cm−2 (25 ◦C, 5 h treatment). With these characteristics, 87% of
COD abatement was achieved, mineralization of almost 40% through TOC analysis, and
abatement of 65% of color. The BTEX compounds concentration was lowered to values
authorized by the Brazilian environmental legislations, with exception of xylene, which
decreased by 90% but requires a longer reaction time for fulfillment of the normative
legislation for human consumption.
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Abstract: The degradation of acyclovir (ACY) and atenolol (ATL) in the UV/peroxydisulfate (UV/PDS)
process has been systematically considered, focusing on the degradation kinetics, theoretical models,
and reaction pathways via applying a microfluidic UV reaction system. The removal efficiencies
of ACY and ATL were >94.8%, and the apparent degradation rate constants (kobs) were 0.0931
and 0.1938 min−1 at pH 6.0 in the UV/PDS system. The sulfate radical (SO4

•−) and hydroxyl radical
(•OH) were identified as the major reactive radicals. The pH-dependent reaction rate constants of
ACY and ATL with •OH and SO4

•− were measured via the competing kinetics. Meanwhile, the
contributions of •OH and SO4

•− for ACY and ATL degradation were calculated by the radical steady-
state hypothesis, and the results revealed that SO4

•− occupied a decisive position (>84.5%) for the
elimination of ACY and ATL. The contribution of •OH became more significant with the increasing
pH, while SO4

•− was still dominant. Moreover, ACY and ATL degradation performance were system-
atically evaluated via the experiments and Kintecus model under different operational parameters
(Cl−, Br−, HCO3

−, NOM, etc.) in the UV/PDS process. Furthermore, the plausible reaction path-
ways of ACY and ATL were elucidated based on the Fukui function theory and ultra-performance
liquid chromatography-tandem quadrupole time-of-flight mass spectrometry (UPLC-QTOF-MS)
analysis. The UV/PDS process has been demonstrated to be an efficient and potential application for
micropollutants mitigation.

Keywords: UV/PDS; micropollutants; radical contribution rates; kinetic models; degradation pathways

1. Introduction

Acyclovir (ACY) and atenolol (ATL), as the typical and most widely used antiviral
and β-blocker agents, are frequently adopted against cardiovascular diseases and two
common virus infections (herpes simplex and varicella-zoster) [1,2]. ACY and ATL have
been frequently detected in different aquatic environments (from ng L−1 to µg L−1) owing
to their scarce biodegradability and widespread usage during the last decade [2–4]. ACY
and ATL could not be effectively eliminated by the conventional treatment processes,
including precipitation, biodegradation, and flocculation; hence, wastewater treatment
plant effluents are regarded as one of the most important pollution resources. Therefore,
in order to effectively respond to Green China and Carbon Neutrality [5,6], it is urgent
to explore efficient and eco-friendly technologies for the diminution of ACY and ATL in
water treatment.

In this sense, the UV/peroxydisulfate process (UV/PDS) has received considerable
attention recently due to the in situ generation of sulfate radicals (SO4

•−, 2.5–3.1 V) and
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hydroxyl radicals (•OH, 1.8–2.7 V), relatively high stability, the wider operational pH range,
and its high mineralization efficiency of organic pollutants [7–11]. To date, many studies
have been conducted to investigate the removal efficiencies of diverse pollutants, the
effects of main influential parameters, and the identification of reactive species, etc., in the
UV/PDS process [12–15]. Liu et al. (2013) compared the degradation performance of ATL
in UV/hydrogen peroxide (UV/H2O2) and UV/PDS processes and observed that UV/PDS
was superior to UV/H2O2 for efficient ATL degradation due to the longer half-life time of
SO4

•− and its higher reactivity with ATL than •OH [3]. Although the removal efficiencies
of diverse micropollutants in the UV/PDS process have been widely investigated, limited
reports have taken note of the contributions and reaction mechanisms of SO4

•− and •OH
under different operational conditions.

On the basis of previous studies, the degradation of pollutants in the UV/PDS pro-
cess is mainly attributed to •OH, SO4

•−, and UV direct photolysis [9,12,16]. In order to
accurately investigate the contributions and reaction mechanisms of SO4

•− and •OH in the
UV/PDS system, the microfluid-based UV reaction system (MVPS) was deployed in this
study. The MVPS system, with the advantages of a small total volume, minimum waste
liquid generation, and controllable reaction rate via radiation flux, could explore the dy-
namics process in detail and in-depth [17]. Moreover, both the steady-state assumption and
the Kintecus model were applied to compare the radical contribution rates. Furthermore,
the elucidation of the degradation pathways of ACY and ATL based on density functional
theory (DFT) has rarely been reported in the UV/PDS system.

Therefore, the aims of the present study are (1) to explore the degradation performance
of ACY and ATL and the effects of influencing factors in the UV/PDS process; (2) to
determine the pH-dependent reaction rate constants of •OH and SO4

•− with ACY and
ATL; (3) to calculate the contributions of •OH and SO4

•− at different operational factors
via steady-state assumption and the Kintecus software; (4) to elucidate the degradation
pathways of ACY and ATL based on DFT and ultra-performance liquid chromatography-
tandem quadrupole time-of-flight mass spectrometry (UPLC-QTOF-MS) analysis in the
UV/PDS process. It is worth noting that this research would provide some theoretical
support and preliminary exploration, especially for the applicability in wastewater for
micropollutants abatement replying on the UV/PDS process.

2. Material and Methods
2.1. Chemicals

Sinopharm Chemical Reagent (Shanghai, China) provided the majority of the com-
monly used experimental drugs. The PDS, humic acid sodium salt, ACY (>99.0%), ATL
(>98%), and 5,5-dimethyl-1-pyrrolidine N-oxide (DMPO, >95%) were obtained from Sigma-
Aldrich (St. Louis, MO, USA) and Aladdin (Shanghai, China). Methanol (MeOH) and
acetonitrile (ACN) were chromatographically pure and supplied by Fisher Scientific (Geel,
Belgium). Ultrapure water (>18.2 MΩ cm), obtained from an A10 Milli-Q system (Millipore,
Boston, MA, USA), was used in all of the experiments.

2.2. Experimental Procedures

The batch experiments were conducted in the MVPS equipped with a micro-fluorescent
silica detector (MFSD) in the present study (Figure S1). The detailed structure and operational
parameters were described in the study by Li et al. [17]. The photon fluence rates at 254 nm
(Fp,o,UV) in the MVPS was determined and calculated to be 1.12 × 10–3 Einstein m–2 s–1 in
this study, based on the degradation of uridine (0.01 mM) (Text S1, Figure S2) [18].

Before the batch experiments in MVPS, the lamp was warmed for 30 min until the
MFSD signal was stabilized. A mixture solution of moderate PDS reagent, ACY and ATL
solution, and phosphate buffer (5 mM) was pumped through the UV tube to receive ir-
radiation in MVPS, and the reaction was started. All of the reactions were performed
at 20 ◦C. The samples were withdrawn from the MVPS system at interval times, immedi-
ately quenched with Na2S2O3 solution, and stored at 4 ◦C for subsequent analysis.
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2.3. Analytical Methods

The e2695 high-performance liquid chromatography (HPLC) system equipped with
a Sunfire C18 column (150 mm × 4.6 mm, 5µm) and a 2489 Vis-UV detector (Waters,
Milford, MA, USA) was used to measure the concentrations of ACY and ATL during the
photolysis reaction. MeOH and water (v:v = 40:60), as the mobile phase with a flow rate
of 0.55 mL min−1, were deployed for ACY detection, while phosphate and ACN (v:v = 95:5)
at a flow rate of 1.0 mL min−1 was used for ATL analysis. DMPO, a spin-trapping reagent,
was employed for the identification of radicals for the electron paramagnetic resonance test
(EPR, Bruker A-300 spectrometer, Karlsruhe, Baden Wuerttemberg, Germany). Moreover,
the UPLC-QTOF-MS system (Agilent, Wilmington, DE, USA) was applied to determine the
intermediates of ACY and ATL in the UV/PDS process. The detection parameters of the
UPLC-QTOF-MS system are Supplemented in Text S2 in detail.

2.4. Determination of the Second-Order Reaction Rate Constants

The second-order reaction rate constants of ACY and ATL with •OH (k•O H,ACY and
k•O H,ATL) and SO4

•− (kSO•−4 ,ACY and kSO•−4 ,ATL) at different pH values were determined
using the competitive kinetics method. The p-chlorobenzoic acid (pCBA) (k•O H,pCBA =
5 × 109 M−1 s−1) and benzoic acid (BA) (kSO•−4 ,BA = 1.2 × 109 M−1 s−1) were chosen as
the competitive chemicals in the UV/H2O2 and UV/PDS processes, respectively [19]. The
calculation steps and results are depicted in Text S3 and Figures S3–S7.

2.5. Determination of the Relative Contributions of •OH and SO4
•−

The degradation of ACY and ATL in the UV/PDS system could be represented as
Equations (1) and (2).

− ln
[ACY]T
[ACY]0

= k•O H,ACY

∫
[•OH]dt + kSO·−4 ,ACY

∫
[SO•−4 ]dt + kPDS,ACY

∫
[PDS]dt + kUV,ACYt (1)

− ln
[ATL]T
[ATL]0

= k•O H,ATL

∫
[•OH]dt + kSO·−4 ,ATL

∫
[SO•−4 ]dt + kPDS,ATL

∫
[PDS]dt + kUV,ATLt (2)

The PDS oxidation and UV direct photolysis are negligible (Figures S8 and S9). Mean-
while, Equations (1) and (2) can be simplified to Equations (3) and (4) on account of the
steady-state assumption of the radicals.

− ln [ACY]T
[ACY]0

≈ k•O H,ACY
∫
[•OH]dt + kSO•−4 ,ACY

∫
[SO•−4 ]dt

= (k•O H,ACY[
•OH]ss + kSO•−4 ,ACY[SO•−4 ]ss)t

(3)

− ln [ATL]T
[ATL]0

≈ k•O H,ATL
∫
[•OH]dt + kSO•−4 ,ATL

∫
[SO•−4 ]dt

= (k•O H,ATL[
•OH]ss + kSO•−4 ,ATL[SO•−4 ]ss)t

(4)

where [•OH]ss and [SO4
•−]ss represent the steady-state concentrations of •OH and SO4

•−,
respectively. In addition, the apparent degradation rate constants of ACY and ATL (kobs)
would be further simplified to Equations (5)–(7).

kobs = k•O H,ACY[
•OH]ss + kSO•−4 ,ACY[SO•−4 ]ss (5)

kobs = k•O H,ATL[
•OH]ss + kSO•−4 ,ATL[SO•−4 ]ss (6)

kobs = kexp,•O H + kexp,SO•−4
(7)
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Nitrobenzene (NB), a typical probe compound of •OH (k•O H,NB = 3.0 × 109 M−1 s−1,
kSO4

•− ,NB < 106 M−1 s−1), was used to determine the [•OH]ss [20,21] in the UV/PDS process.
The [•OH]ss during the reaction could be further expressed as Equation (8):

kobs,NB = k•O H,NB[
•OH]ss + kUV,NB (8)

where kobs,NB and kUV,NB indicate the pseudo-first-order rate constant and the single UV
photolysis rate constant (min−1) of NB (Figure S10). k•O H,NB represents the reaction rate
constants of NB with •OH.

2.6. Kinetic Model

In this study, a reaction kinetic model was performed using Kintecus 6.80 software
(James C. Ianni, Albuquerqua, NM, USA) [22] to simulate the concentrations of ACY, ATL,
and reactive radicals in the UV/PDS process on the basis of 150 elementary reactions
(Table S1). All of the rate constants of the above reactions were acquired from our determi-
nations, literature, or estimations of similar reactions. The Kintecus model, with its high
predictability and accuracy, has been widely used for simulating chemical reaction kinetics
in the UV/chlorine [23], UV/H2O2 [24,25], and UV/PDS processes [12,25].

2.7. Quantum Chemistry Calculation

The molecular regioselectivity of ACY and ATL was investigated by the quantum
chemical calculation based on DFT. All of the geometry optimizations were implemented at
the B3LYP/6–31 G (d) level using the Gaussian 09 program [26]. The wavefunction analysis
was carried out at the B3LYP/6–31G (d) level using Multiwfn 3.8 (T. Lu, Beijing, China) [27],
based on the structure configuration from the Gaussian optimization. The condensed Fukui
function (f 0) was employed as a popular and powerful tool in this study to predict the
regioselectivity of ACY and ATL to radical attack at the atomic level. All of the calculation
details of f 0 are Supplemented in Text S4.

3. Results and Discussion
3.1. Degradation Efficiencies of ACY and ATL in Different Processes

Figure 1 reveals that the removal of ACY and ATL was significantly promoted in
the UV/PDS process with the kobs values of 0.0931 and 0.1938 min−1 (R2 ≥ 0.99), re-
spectively. However, the ACY and ATL degradation via direct PDS oxidation and UV
photolysis can be neglected (Figure 1). The UV/PDS process can produce both SO4

•−

and •OH due to UV activation of peroxide bond and sulfate conversion [19] (Figure S11)
(Equations (9) and (10)) [12,28], resulting in distinct improvement for the elimination of
quinolone drugs [29], dyestuff [30], nonsteroidal anti-inflammatory drugs [10], etc.

S2O8
2− + hv254 → 2SO•−4 (9)

SO4
•− + OH− → •OH + SO4

2− (10)

To verify the roles of SO4
•− and •OH for the enhanced ACY and ATL removal, the

scavenger experiments were performed in the UV/PDS process (Figure 1). Tertiary butanol
(TBA) was used to quench •OH (k•O H,TBA= (3.8−7.6) × 108 M−1 s−1 and kSO•−4 ,TBA=

(4.0−9.1)× 105 M−1 s−1) [31–33], and MeOH can quench both SO4
•− and •OH (k•O H,MeOH

= 9.7 × 108 M−1 s−1 and kSO•−4 ,MeOH = 2.5 × 107 M−1 s−1) [34–36]. It is notable from
Figure 1 that in the presence of TBA and MeOH, the kobs values of ACY degradation
reduced by 7.53% and 57.0%, while they declined by 6.73% and 42.0% for ATL, respectively.
It is noteworthy from Figure 1 that SO4

•− instead of •OH played a vital role in both
ATL and ACY degradation in the UV/PDS process. Therefore, it is essential to evaluate
the specific contribution rates of SO4

•− and •OH for pollutant removal under different
parameters in the UV/PDS process.
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3.2. Effects of PDS Dosage 

The effects of PDS dosage on the degradation of ACY and ATL were explored and 

modeled by the Kintecus 6.80 software(James C. Ianni, Albuquerqua, NM, USA). As de-

picted in Figure 2, with the increment in the PDS dosage from 0.1 to 1.0 mM, the degrada-

tion of both ACY and ATL was significantly strengthened, and the kobs values of ACY and 

ATL degradation were promoted from 0.0104 to 0.1213 min−1 and 0.0432 to 0.3031 min−1 

(R2 > 0.99), respectively. The specific rate constants of •OH and SO4•− for ACY and ATL 

degradation (kexp,•OH and 
4exp, SO

k •− ) calculated by the steady-state assumption are also pre-

sented in Figure 2. The modeled degradation rates of ACY and ATL (kobs,mod) highly agreed 

with the experimental values (kobs) in the UV/PDS process within a credible range (<25%). 
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Figure 1. ACY (a) and ATL (b) degradation by UV, PDS, UV/PDS, UV/PDS + TBA, and UV/PDS +
MeOH processes. Conditions: [ACY]0 = 0.022 mM, [ACY]0 = 0.019 mM, [PDS]0 = 0.6 mM, [TBA]0 =
[MeOH]0 = 10 mM, pH = 6.0.

3.2. Effects of PDS Dosage

The effects of PDS dosage on the degradation of ACY and ATL were explored and
modeled by the Kintecus 6.80 software(James C. Ianni, Albuquerqua, NM, USA). As
depicted in Figure 2, with the increment in the PDS dosage from 0.1 to 1.0 mM, the
degradation of both ACY and ATL was significantly strengthened, and the kobs values
of ACY and ATL degradation were promoted from 0.0104 to 0.1213 min−1 and 0.0432
to 0.3031 min−1 (R2 > 0.99), respectively. The specific rate constants of •OH and SO4

•−

for ACY and ATL degradation (kexp,•OH and kexp, SO•−4
) calculated by the steady-state

assumption are also presented in Figure 2. The modeled degradation rates of ACY and ATL
(kobs,mod) highly agreed with the experimental values (kobs) in the UV/PDS process within a
credible range (<25%).
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Figure 2. Effects of PDS dosage on the radical contributions and kobs of ACY (a) and ATL (b) in
UV/PDS process. Conditions: [ACY]0 = 0.022 mM, [ATL]0 = 0.019 mM, [PDS]0 = 0.6 mM, pH = 6.0.

In addition, it can be noted from Table 1 that the [•OH]ss and [SO4
•−]ss in the

UV/PDS process gradually increased from 1.00 × 10−14 to 28.72 × 10−14 M and from 1.46
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to 8.38 × 10−13 M as the PDS dosage rose from 0.1 to 1.0 mM. Due to the rapid photodecom-
position rate of PDS (Figure S12), the yields of both [•OH]ss and [SO4

•−]ss in the UV/PDS
system were evidently expedited (Table 1) [37], resulting in the gradual increment of the
kexp,•OH and kexp, SO•−4

values of ACY and ATL (Figure 2). The higher [SO4
•−]ss led to the

higher contribution of SO4
•− to the degradation of ACY and ATL, manifesting that SO4

•−

rather than •OH played a major role in pollutant removal. It can be obviously seen from
Figure 2 that the modeled results (kobs,mod) derived from the kinetic model were in good
agreement with the experimental values (kobs) in most cases.

Table 1. [•OH]ss and [SO4
•−]ss in UV/PDS process at different PDS dosages and pHs.

Radical Species
(M)

PDS (mM) pH

0.1 0.3 0.6 1.0 6.0 9.0 10.0 11.0

[•OH]ss × 10–14 1.00 3.00 9.83 28.72 9.44 12.27 17.72 17.86
[SO4

•–]ss × 10–13 1.46 3.39 6.03 8.38 6.13 3.83 2.66 1.79

3.3. Effects of Solution pH

The k•O H,ACY,kSO•−4 ,ACY, k•O H,ATL, and kSO•−4 ,ACY values at pH 6.0−11.0 were deter-
mined based on the competition kinetics, and the results are depicted in Figure 3. The
k•O H,ACY and kSO•−4 ,ACY values declined from 1.50 × 109 to 1.30 × 109 M−1 s −1 and from

1.58 × 109 to 1.00 × 109 M−1 s−1, respectively, with the pH value rising from 6.0 to 11.0
(Figure 3a,b). Russo et al. reported the k•O H,ACY to be 2.3 × 109 M−1 s−1 at pH 6.0 [2], and
the k•O H,ACY and kSO•−4 ,ACY values at different pHs have been seldom investigated. For ATL

(Figure 3c,d), with the increment of pH (6.0−11.0), the k•O H,ATL decreased from 4.6 × 109

to 4.11 × 109 M−1 s −1, while the kSO•−4 ,ATL increased from 4.56 × 109 to 5.64 × 109 M−1 s −1.
The pH dependency of the second-order reaction rate constant could be ascribed to a combi-
nation of various effects due to the reaction of free radicals (•OH and SO4

•−) with dissimilar
pollutant species, which are the significant parameters of the following kinetic study.

As shown in Figure 4, with the increase in the solution pH from 6.0 to 11.0, the kobs
of ACY and ATL distinctly declined from 0.0931 to 0.071 min−1 and 0.1938 to 0.101 min−1,
respectively, and the kobs,mod were consistent with the experimental results. Addition-
ally, as the pH increased from 6.0 to 11.0, the kexp,•OH slightly enhanced from 0.00878
to 0.01378 min−1 for ACY degradation and from 0.02607 to 0.04357 min−1 for ATL degra-
dation, respectively. However, the overt reduction in kexp, SO•−4

for ACY and ATL degra-
dation was observed. The kexp, SO•−4

of ACY and ATL decreased by 30.59% and 63.79%,
respectively (Figure 4).

Moreover, the [•OH]ss and [SO4
•−]ss exhibited similar change patterns with the

kexp, •OH
and kexp, SO•−4

(Table 1). It is notable that the [•OH]ss obviously increased from

9.44 × 10−14 to 17.86 × 10−14 M, while the [SO4
•−]ss reduced from 6.13 to 1.79 × 10−13 M

with the increasing pH from 6.0 to 11.0 in the UV/PDS processes. Guan et al. (2011) [38]
discovered that when the solution pH > 9.3, the distinct fast conversion of SO4

•− to •OH
caused the declining formation rate of SO4

•− from photolysis of peroxymonosulfate (PMS)
and the reduction in the oxidative power, which were in agreement with the changes of
[•OH]ss and [SO4

•−]ss in the current study. Liu et al. 2013 [3] investigated the elimination
of ATL in the UV/PDS process with a pH range of 3.0−11.0 and discovered the declined
degradation rate of ATL with the pH decreasing from 7.0 to 9.0. Furthermore, the reaction
of OH− with SO4

•− by Equation (10) at high pH, could also result in the decreasing trend
of SO4

•− [29].
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Figure 3. The second-order rate constants of ,OH ACY
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k •− (d) under different pHs. (black star, measured k; red lines, speciation). Conditions: [ACY]0 

= 0.022 mM, [ATL]0 = 0.019 mM, [PDS]0 = 0.6 mM, pH = 6.0.  
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Water 2022, 14, x FOR PEER REVIEW 8 of 17 
 

 

6 9 10 11

0.00

0.02

0.04

0.06

0.08

0.10 exp, OH
k •

4exp, SO
k •−

k
o

b
s 
(m

in
−

1
)

pH

             

 kobs,mod

(a)

 

6 9 10 11

0.00

0.05

0.10

0.15

0.20
exp, OH

k •
4exp, SO

k •−

k
o

b
s 
(m

in
−

1
)

pH 

           

 kobs,mod

(b)

 

Figure 4. Effects of solution pHs on the radical contributions and kobs of ACY (a) and ATL (b) in 

UV/PDS process. Conditions: [ACY]0 = 0.022 mM, [ATL]0 = 0.019 mM, [PDS]0 = 0.6 mM. 

Moreover, the [•OH]ss and [SO4•−]ss exhibited similar change patterns with the 

•OHexp, k  and 
4exp, SO

k •−  (Table 1). It is notable that the [•OH]ss obviously increased from 

9.44 × 10−14 to 17.86 × 10−14 M, while the [SO4•−]ss reduced from 6.13 to 1.79 × 10−13 M with 

the increasing pH from 6.0 to 11.0 in the UV/PDS processes. Guan et al. (2011) [38] discov-

ered that when the solution pH > 9.3, the distinct fast conversion of SO4•− to •OH caused 

the declining formation rate of SO4•− from photolysis of peroxymonosulfate (PMS) and the 

reduction in the oxidative power, which were in agreement with the changes of [•OH]ss 

and [SO4•−]ss in the current study. Liu et al. 2013 [3] investigated the elimination of ATL in 

the UV/PDS process with a pH range of 3.0−11.0 and discovered the declined degradation 

rate of ATL with the pH decreasing from 7.0 to 9.0. Furthermore, the reaction of OH− with 

SO4•− by Equation (10) at high pH, could also result in the decreasing trend of SO4•− [29]. 

3.4. Effects of Operation Parameters in UV/PDS Process 

3.4.1. Chloride 

The existence of Cl− significantly affected the removal efficiencies of ACY and ATL 

in the UV/PDS process (Figure 5). As shown in Figure 5a,b, the kobs of ACY and ATL de-

creased by 36.56% and 53.36%, with augmenting Cl− concentration from 0 to 3 mM. Addi-

tionally, the 
mod, OH

k •  increased by 62.0−344.4% and 
4mod,SO

k •− declined by 82.7−85.1% in 

the presence of 3 mM Cl−, respectively. With the augmentation of the Cl− concentration 

from 0.5 to 3 mM, the [•OH]ss gradually increased from 6.62 × 10−14 to 32.24 × 10−14 M, while 

the [SO4•−]ss decreased from 4.52 × 10−13 to 1.38 × 10−13 M for ACY and ATL degradation 

(Table S2). Lutze et al. [23] reported that SO4•− would be converted to •OH in the presence 

of Cl− at pH ≥ 5.0 (Equations (11)−(15)). Cl− can react quickly with •OH to form ClOH•− 

with a rate constant of 4.3 × 109 M−1 s−1(Equation (13), reverse). In addition, the extremely 

rapid decomposition rate constant of ClOH•− (6.1 × 109 M−1 s−1, Equation (13)) can obvi-

ously suppress the reaction between Cl− and •OH. However, only at pH < 3.0 did the yield 

of Cl• from the reaction of ClOH•− with H+ become important (Equation (14)) [39,40]. Note-

worthily, the reactions between Cl− and •OH/SO4•− could also produce several reactive 

chlorine species (Cl•, Cl2•−, ClO•, etc.). 

Figure 4. Effects of solution pHs on the radical contributions and kobs of ACY (a) and ATL (b) in
UV/PDS process. Conditions: [ACY]0 = 0.022 mM, [ATL]0 = 0.019 mM, [PDS]0 = 0.6 mM.

3.4. Effects of Operation Parameters in UV/PDS Process
3.4.1. Chloride

The existence of Cl− significantly affected the removal efficiencies of ACY and ATL
in the UV/PDS process (Figure 5). As shown in Figure 5a,b, the kobs of ACY and ATL
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decreased by 36.56% and 53.36%, with augmenting Cl− concentration from 0 to 3 mM.
Additionally, the kmod,•O H increased by 62.0−344.4% and kmod,SO•−4

declined by 82.7−85.1%

in the presence of 3 mM Cl−, respectively. With the augmentation of the Cl− concentration
from 0.5 to 3 mM, the [•OH]ss gradually increased from 6.62 × 10−14 to 32.24 × 10−14 M,
while the [SO4

•−]ss decreased from 4.52 × 10−13 to 1.38 × 10−13 M for ACY and ATL
degradation (Table S2). Lutze et al. [23] reported that SO4

•− would be converted to •OH
in the presence of Cl− at pH ≥ 5.0 (Equations (11)−(15)). Cl− can react quickly with •OH
to form ClOH•− with a rate constant of 4.3 × 109 M−1 s−1(Equation (13), reverse). In
addition, the extremely rapid decomposition rate constant of ClOH•− (6.1 × 109 M−1 s−1,
Equation (13)) can obviously suppress the reaction between Cl− and •OH. However, only
at pH < 3.0 did the yield of Cl• from the reaction of ClOH•− with H+ become important
(Equation (14)) [39,40]. Noteworthily, the reactions between Cl− and •OH/SO4

•− could
also produce several reactive chlorine species (Cl•, Cl2•−, ClO•, etc.).

SO4
•− + Cl− → SO4

2− + Cl • k = 3.0× 108 M−1s−1 (11)

Cl• + H2O→ ClOH•− + H+ k = 2.5× 105 M−1s−1 (12)

ClOH•− ↔ •OH + Cl− k f or = 6.1× 109 M−1s−1, krev = 4.3× 109 M−1s−1 (13)

ClOH•− + H+ → Cl• + H2O k = 2.1× 1010 M−1s−1 (14)

Cl• + Cl− → Cl2•− k = 8.5× 109 M−1s−1 (15)
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Figure 5. Effects of Cl− and HCO3− dosages on the kobs of ACY (a,c) and ATL (b,d) degradation and 

specific rates of •OH and SO4•− in UV/PDS process. Conditions: [ACY]0 = 0.022 mM, [ATL]0 = 

0.019mM, [PDS]0 = 0.6 mM, pH = 6.0. 

2

4 4SO Cl SO Cl•− − − •+ → +  8 1 13.0 10   M sk − −=   (11) 

2Cl H O ClOH H• •− ++ → +  5 1 12.5 10   M sk − −=   (12) 

ClOH OH Cl•− • − +  9 1 1 9 1 16.1 10  M s , 4.3 10  M sfor revk k− − − −=  =   (13) 

2ClOH H Cl H O•− + •+ → +  
10 1 12.1 10  M sk − −=   (14) 

2Cl Cl Cl• − •−+ →  9 1 18.5 10   M sk − −=   (15) 

3.4.2. Bicarbonate 

It can be seen from Figure 5c,d that the kobs for the abatement of ACY and ATL de-

clined by 8.8−11.82% with the addition of 3 mM HCO3− in the UV/PDS system. HCO3− can 

react quickly with •OH (8.5 × 106 M−1 s−1) and SO4•− (1.6 × 106 M−1 s−1) to form secondary 
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25.5−32.6%, respectively. Moreover, at pH 6.0, both H2CO3 and HCO3− (pKa1 = 6.3, pKa2 = 

10.3) reacted with SO4•− in an analogous rate constant [42–44]. According to the simulation 

Figure 5. Effects of Cl− and HCO3
− dosages on the kobs of ACY (a,c) and ATL (b,d) degrada-

tion and specific rates of •OH and SO4
•− in UV/PDS process. Conditions: [ACY]0 = 0.022 mM,

[ATL]0 = 0.019mM, [PDS]0 = 0.6 mM, pH = 6.0.
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3.4.2. Bicarbonate

It can be seen from Figure 5c,d that the kobs for the abatement of ACY and ATL declined
by 8.8−11.82% with the addition of 3 mM HCO3

− in the UV/PDS system. HCO3
− can react

quickly with •OH (8.5 × 106 M−1 s−1) and SO4
•− (1.6 × 106 M−1 s−1) to form secondary

free radical CO3
•− [6,41], leading to the scavenging effects of •OH and SO4

•−. Furthermore,
the presence of 3 mM HCO3

− caused kmod,•OH, and kmod,SO•−4
to decrease by 32.6−36.6%

and 25.5−32.6%, respectively. Moreover, at pH 6.0, both H2CO3 and HCO3
− (pKa1 = 6.3,

pKa2 = 10.3) reacted with SO4
•− in an analogous rate constant [42–44]. According to the

simulation results (Table S2), [•OH]ss and [SO4
•−]ss distinctly decreased by 6.67%−5.69%

and 7.08%−3.77% as the HCO3
− concentration rose from 0.5 to 3 mM, respectively, resulting

in the obvious reduction in the degradation rates of ACY and ATL.

3.4.3. Bromide

It can be observed from Figure 6a,b that the addition of Br− inhibited the removal
efficiencies of ACY and ATL in the UV/PDS process. The kobs for ACY and ATL degradation
decreased by 37.7 and 61.14%, respectively, as the Br− concentration increased from 0
to 1.0 mM. Furthermore, kmod,•OH and kmod,SO•−4

decreased by 2.6−66.1% and 51.5−75.1%

with the addition of 1.0 mM Br−. Because Br− exhibits higher rate constants reacting with
SO4

•− and •OH (Equations (16) and (17)) than ACY and ATL do, it can be considered a
scavenger of SO4

•− and •OH, which may be the main reason for the decreased removal
efficiencies of ACY and ATL. In addition, Lu et al. 2016 [45] also observed that the presence
of Br− notably suppressed the removal of o-phthalic acid (PA) in SO4

•−-based advanced
oxidation systems, and PA probably did not react with the generated reactive bromide
species directly.

SO4
•− + Br− → SO4

2− + Br• k = 3.5× 109M−1s−1 (16)

•OH + Br− → BrOH•− k = 1.0× 1010M−1s−1 (17)

3.4.4. NOM

It can be observed from Figure 6c,d that the natural organic matter (NOM) markedly
inhibited the removal efficiencies of ACY and ATL in the UV/PDS process. It is worth
noting that the kobs for ACY and ATL significantly dropped by 36.6% and 50.9% with
the addition of 3.0 mgC L−1 NOM. Meanwhile, the kmod,•OH, and kmod,SO•−4

decreased

by 35.3−57.8% and 25.7−56.3%, respectively, under the same conditions (3 mgC L−1 NOM).
It is noted from Figure 6 that the experimental kobs for the abatement of ACY and ATL
were highly compliant with the simulated results. It is well known that NOM can react
with •OH (1.4 × 104 L mgC−1 s−1) and SO4

•− (6.8 × 103 L mgC−1 s−1), resulting in their
reduction [23]. Furthermore, NOM could act as an inner filter of UV light affecting the
yields of •OH and SO4

•− derived from direct photolysis of PDS [44,46].

3.4.5. Sulfate and Nitrate

It can be seen in Figure S13 that the abatement of ACY and ATL in the UV/PDS process
was markedly restrained by the addition of SO4

2−. The kobs for ACY and ATL decreased
by 15.1% and 13.8%, respectively, when the concentration of SO4

2− increased to 3 mM. In
addition, the kmod,•OH and kmod,SO•−4

decreased by 18.6−35.3% and 19.2−33.1% in the pres-

ence of 3 mM SO4
2−. Furthermore, we can intuitively find that the experimental values are

consistent with the simulated values. The higher concentration of SO4
2− could induce the re-

ductions of the redox potential of SO4
•−/SO4

2− and the oxidation capacity of the UV/PDS
process on the basis of the Nernst equation (Equations (18) and (19)) [47,48]. Whereas
SO4

•− could also be formed through the reaction of •OH with SO4
2−(Equation (20)). How-
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ever, the lower reaction rate constants of SO4
•− with ACY/ATL than •OH would lead to

suppressive effects on the kobs of ACY and ATL degradation.

SO4
•− + e− → SO4

2− (18)

E
(SO4

•−/SO4
2−) = Eθ

(SO4
•−/SO4

2−) +
RT
zF

ln
[SO4

•−][
SO4

2−
] (19)

SO4
2− + •OH→ SO4

•− + OH− (20)
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Figure 6. Effect of Br– dosage and NOM on the kobs of ACY (a,c) and ATL (b,d) degradation and 
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Figure 6. Effect of Br– dosage and NOM on the kobs of ACY (a,c) and ATL (b,d) degradation
and specific rates of •OH and SO4

•− in UV/PDS process. Conditions: [ACY]0 = 0.022 mM,
[ATL]0 = 0.019 mM, [PDS]0 = 0.6 mM, pH = 6.0.

NO3
− (0.5−3 mM) visibly inhibited the removal efficiencies of ACY and ATL in the

UV/PDS system (Figure S14). The kobs for ACY and ATL decreased by 26.0% and 27.7%, as
the NO3

− concentration rose to 3 mM. The kmod,•OH and kmod,SO•−4
decreased by 18.6−37.1%

and 19.2−36.3% in the presence of 3 mM NO3
−, respectively. NO3

− can be used as a
photosensitizer, consuming UV254 during the reaction. Wang et al. demonstrated the
strong inhibition of NO3

− on the degradation of TAP in the UV/PDS system [49]. Lin
et al. revealed that NO3

− can significantly reduce the radiation intensity received by PMS,
thereby slowing down the degradation of BPA [21].
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3.5. Oxidation Mechanisms and Degradation Pathways Speculation

The f 0 of ACY and ATL based on the Hirshfeld charge was calculated using Multiwfn
software [46,50,51], and the results are represented in Tables S3 and S4 and Figures 7 and 8.
Moreover, Tables S5 and S6 tabulated the reasonable transformation products (TPs) of ACY
and ATL [52,53], which were detected by UPLC-QTOF-MS.

Water 2022, 14, x FOR PEER REVIEW 12 of 17 
 

 

(Figure S15a), which were much easier to be attacked by •OH and/or SO4•−. An et al. [54] 

also found similar degradation patterns for ACY, and the dominating reaction pathway 

of ACY with •OH initiated by the addition onto the ortho site of methoxy substituent on 

the benzene ring (i.e., C1 and C2 positions in this study). As shown in Figure 7b, combin-

ing the six detected transformation intermediates (Table S5) and the results of the Fukui 

function calculations, three degradation pathways for ACY in the UV/PDS process were 

proposed. Pathway I underwent the electrophilic addition reaction through •OH attack-

ing the ACY N-heterocycle, resulting in the formation of the hydroxylated products TP1 

and TP2 through dihydroxylation. Pathway II: ACY may also transform to TP3 through a 

de-alcoholic reaction and subsequent hydroxylation. Pathway III: The C5 and N6 could 

be further attacked by •OH and SO4•−, further causing ring opening and the production of 

TP4 through further hydroxylation. Then, TP4 could generate TP5 through H addition or 

TP6 by de-alcoholic reaction and hydroxylation. 

 

Figure 7. The contour surfaces of Fukui function f0 for ACY with isovalue of 0.01 (a) and the plausi-

ble transformation pathways of ACY in UV/PDS process (b). Conditions: [ACY]0 = 0.022 mM, [PDS]0 

= 0.6 mM, pH = 6.0. 

Figure 7. The contour surfaces of Fukui function f0 for ACY with isovalue of 0.01 (a) and the
plausible transformation pathways of ACY in UV/PDS process (b). Conditions: [ACY]0 = 0.022 mM,
[PDS]0 = 0.6 mM, pH = 6.0.

171



Water 2022, 14, 2811

Water 2022, 14, x FOR PEER REVIEW 13 of 17 
 

 

It can be observed from Table S4 and Figure 8a that the •OH/SO4•− radicals most fa-

vorably attack the C5, C6, C7, C18, C19, O1, and O9 positions of ATL (Figure S15b). In 

addition, Miao et al. [55] also reported that •OH would most likely attack the C3 position 

of ATL (i.e., the C6 position in this study) to produce hydroxylation products. In addition, 

Miao et al. [55] also reported that the atom with a higher 2FED2HOMO value in the ATL 

structure was the O11 position (i.e., O9 position in this study), indicating that the breaking 

of the ether bond is reasonable. Herein, three plausible transformation pathways of ATL 

(Figure 8b) on the basis of the 10 transformation products (Table S6) were as follows. Path-

way I: the oxidation of the primary amide group in the main side chain would lead to the 

formation of TP1 with m/z 268. Subsequently, the addition of oxygen to the alkyl group 

and hydrogen abstraction by •OH contributed to the generation of TP2 and was further 

hydroxylated to produce TP3. •OH/SO4•− can attack ether linkage and undergo cleavage 

of ether linkage to form TP4 with m/z 134. Pathway II: The secondary amine structure of 

ATL could be attacked by •OH/SO4•−, causing the cleavage of the C−N bond to produce 

TP5. Afterward, TP4 and TP6 could also be attributed to the split of the ether linkage 

caused by the attack of •OH/SO4•−. After that, the reaction initiated at the secondary amine 

moieties (–NH–) and dimerization would lead to the yield of TP7. Pathway III revealed 

the electrophilic addition reaction through •OH attacking the ATL aromatic ring, produc-

ing the hydroxylated product TP8, which was then carbonylated to generate TP9 and hy-

droxylated to TP10. 

 

Figure 8. The contour surfaces of Fukui function f0 for ATL with isovalue of 0.01 (a) and the plausible 

transformation pathways of ATL in UV/PDS process (b). Conditions: [ATL]0 = 0.022 mM, [PDS]0 = 

0.6 mM, pH = 6.0. 

4. Conclusions 

In summary, the degradation of ACY and ATL derived from SO4•− and •OH in the 

UV/PDS process was comprehensively investigated concerning kinetic simulations and 

degradation mechanisms. The second-order rate constants at 6.0−11.0 for ACY and ATL 

Figure 8. The contour surfaces of Fukui function f0 for ATL with isovalue of 0.01 (a) and the
plausible transformation pathways of ATL in UV/PDS process (b). Conditions: [ATL]0 = 0.022 mM,
[PDS]0 = 0.6 mM, pH = 6.0.

According to the results in Table S3 and Figure 7a, the highest values of f 0 (blue area
in Figure 7a) were achieved in the C1, C2, C5, C8, N6, N16, and O15 positions of ACY
(Figure S15a), which were much easier to be attacked by •OH and/or SO4

•−. An et al. [54]
also found similar degradation patterns for ACY, and the dominating reaction pathway
of ACY with •OH initiated by the addition onto the ortho site of methoxy substituent
on the benzene ring (i.e., C1 and C2 positions in this study). As shown in Figure 7b,
combining the six detected transformation intermediates (Table S5) and the results of the
Fukui function calculations, three degradation pathways for ACY in the UV/PDS process
were proposed. Pathway I underwent the electrophilic addition reaction through •OH
attacking the ACY N-heterocycle, resulting in the formation of the hydroxylated products
TP1 and TP2 through dihydroxylation. Pathway II: ACY may also transform to TP3 through
a de-alcoholic reaction and subsequent hydroxylation. Pathway III: The C5 and N6 could
be further attacked by •OH and SO4

•−, further causing ring opening and the production of
TP4 through further hydroxylation. Then, TP4 could generate TP5 through H addition or
TP6 by de-alcoholic reaction and hydroxylation.

It can be observed from Table S4 and Figure 8a that the •OH/SO4
•− radicals most

favorably attack the C5, C6, C7, C18, C19, O1, and O9 positions of ATL (Figure S15b). In
addition, Miao et al. [55] also reported that •OH would most likely attack the C3 position
of ATL (i.e., the C6 position in this study) to produce hydroxylation products. In addition,
Miao et al. [55] also reported that the atom with a higher 2FED2

HOMO value in the ATL
structure was the O11 position (i.e., O9 position in this study), indicating that the breaking
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of the ether bond is reasonable. Herein, three plausible transformation pathways of ATL
(Figure 8b) on the basis of the 10 transformation products (Table S6) were as follows.
Pathway I: the oxidation of the primary amide group in the main side chain would lead to
the formation of TP1 with m/z 268. Subsequently, the addition of oxygen to the alkyl group
and hydrogen abstraction by •OH contributed to the generation of TP2 and was further
hydroxylated to produce TP3. •OH/SO4

•− can attack ether linkage and undergo cleavage
of ether linkage to form TP4 with m/z 134. Pathway II: The secondary amine structure of
ATL could be attacked by •OH/SO4

•−, causing the cleavage of the C−N bond to produce
TP5. Afterward, TP4 and TP6 could also be attributed to the split of the ether linkage
caused by the attack of •OH/SO4

•−. After that, the reaction initiated at the secondary
amine moieties (–NH–) and dimerization would lead to the yield of TP7. Pathway III
revealed the electrophilic addition reaction through •OH attacking the ATL aromatic ring,
producing the hydroxylated product TP8, which was then carbonylated to generate TP9
and hydroxylated to TP10.

4. Conclusions

In summary, the degradation of ACY and ATL derived from SO4
•− and •OH in the

UV/PDS process was comprehensively investigated concerning kinetic simulations and
degradation mechanisms. The second-order rate constants at 6.0−11.0 for ACY and ATL
reacting with •OH were estimated to be 1.30−1.50 and 3.45−4.60 M−1s−1, and those for
ACY and ATL with SO4

•− were 1.00−1.58 and 4.56−5.64 M−1s−1, respectively. In addition,
the radical quenching experiments and the steady-state assumption calculation demon-
strated that SO4

•− instead of •OH was the predominant radical for pollutant elimination in
the UV/PDS process. Additionally, the kinetic model deployed in the current study could
well predict the degradation rates of ACY and ATL under different operational parame-
ters. The degradation rates of •OH and SO4

•− for ACY and ATL degradation were highly
pH-dependent. Based on the prediction of the active sites via the Fukui function and the
intermediates of ACY and ATL identified by UPLC-QTOF-MS, the plausible transformation
pathways of ACY and ATL in the UV/PDS process have been proposed. This study could
provide some theoretical support and preliminary exploration for pollutant removal in the
UV/PDS system. Furthermore, the toxicity of the target pollutants and their intermediates
in the UV/PDS system could be considered in future studies.
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Abstract: Repeated use of aqueous firefighting foams at military aircraft training centers has contami-
nated groundwater with per and polyfluorinated alkyl substances (PFAS). To delineate the extent
of PFAS contamination, numerous site investigations have occurred, which have generated large
quantities of investigation-derived wastes (IDW). The commonly used treatment of incinerating
PFAS-tainted IDW is costly, and was recently suspended by the Department of Defense. Given
long-term IDW storage in warehouses is not sustainable, our objective was to use electrochemi-
cal oxidation to degrade PFAS in contaminated water and then scale the technology toward IDW
treatment. This was accomplished by conducting a series of laboratory and pilot-scale experiments
that electrochemically oxidized PFAS using direct current with boron-doped diamond (BDD) elec-
trodes. To improve destruction efficiency, and understand factors influencing degradation rates, we
quantified the treatment effects of current density, pH, electrolyte and PFAS chain length. By using
14C-labeled perfluorooctanoic acid (PFOA) and tracking temporal changes in both 14C-activity and
fluoride concentrations, we showed that oxidation of the carboxylic head (-14COOH→ 14CO2) was
possible and up to 60% of the bonded fluorine was released into solution. We also reported the
efficacy of a low-cost, 3D printed, four-electrode BDD reactor that was used to treat 189 L of PFOA
and PFOS-contaminated water (Co ≤ 10 µg L−1). Temporal monitoring of PFAS with LC/MS/MS
in this pilot study showed that PFOS concentrations decreased from 9.62 µg L−1 to non-detectable
(<0.05 µg L−1) while PFOA dropped from a concentration of 8.16 to 0.114 µg L−1. Efforts to improve
reaction kinetics are ongoing, but current laboratory and pilot-scale results support electrochemical
oxidation with BDD electrodes as a potential treatment for PFAS-tainted IDW.

Keywords: boron-doped diamond electrodes; per and polyfluorinated alkyl substances; chemical
oxidation; 14C-labeled PFOA

1. Introduction

Per- and polyfluoroalkyl substances (PFAS) are a family of synthesized chemicals that
have been heavily used in manufacturing, often without adequate disposal. Commonly
used to improve the quality of commercial products by making them resistant to heat, oil,
and stains, PFAS are found in many household goods and industrial products such as
surfactants, emulsifiers, and aqueous film forming foams (AFFFs). Due to their unique
ability to resist heat and block oxygen, PFAS-containing firefighting foams were used at
aircraft service centers where fire-fighting training operations were routinely performed.
With more than three decades of repeated use at hundreds of military facilities across
the U.S.A., PFAS have been detected in 61% of the groundwater samples taken around
Department of Defense (DoD) facilities with concentrations ranging from µg L−1 (ppb) to
low mg L−1 (ppm) concentrations [1–4].
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Chemically, PFAS contain both a fluorinated carbon tail and a hydrophilic ionic head
(-COOH, -SO3H), and it is this unique structure that give PFAS their biphasic or surfactant
characteristics. The PFAS molecule may be either fully (per–) or partially (poly–) fluorinated
and can contain between two and eighteen carbon atoms [5]. Examples of the most common
PFAS include perfluorooctanoic acid (PFOA; C8F15O2H) and perfluorooctane sulfonic acid
(PFOS; C8F17SO3H). Although PFOA and PFOS are the two most frequently detected PFAS
in contaminated aquifers, there are literally hundreds of PFAS precursors that have been
released into the environment, which are also causes for concern.

Unfortunately, the chemical properties that make PFAS useful from an industrial
perspective also make them mobile and recalcitrant once released into the environment. As
true xenobiotics, PFAS have no known natural decomposition processes and the stability of
the C-F bond makes them almost un-degradable by natural attenuation [6,7].

Now that toxicological studies have revealed the bio-accumulative, neurotoxic, and
potentially carcinogenic nature of PFAS exposure [8–11], identifying and delineating the
extent of PFAS contamination is paramount for protecting human and ecological health.
Given the United States Environmental Protection Agency (USEPA) recently decreased its
2016 health advisor level (HAL) of 70 ng L−1 (70 parts per trillion, 70 ppt) for the singular
or combined concentration of PFOA and PFOS, to 0.004 ng L−1 for PFOA and 0.02 ng L−1

for PFOS [12], the need to further delineate the extent of PFAS contamination in aquifers
will only intensify.

The federal government has an environmental responsibility to delineate the extent of con-
tamination at sites where firefighting foams were routinely used. While PFAS-contaminated
groundwater is the primary concern, site investigations create a secondary problem that is
continuing to grow, namely, the generation of investigation-derived waste (IDW). IDW is the
water, soil and drill cuttings generated during well installations and sampling activities per-
formed during contaminated site investigations. The potential risks and liabilities associated
with PFAS exposure has previously caused IDW generators to take the conservative approach
of incinerating their PFAS waste. While energy intensive and costly, incineration offered a
workable solution. The temporary moratorium on incinerating PFAS-containing substances
by the Department of Defense [13] has now changed the way IDW will be handled, and
complicates disposal options. Given that PFAS site investigations will continue and long-term
storage of containerized IDW in warehouses is not a sustainable solution, alternative treatment
options are needed. In 2020, the EPA established the PFAS Innovative Treatment Team (PITT)
to address the disposal and destruction of PFAS-containing media and waste. This PITT
team identified four technologies with the potential to destroy PFAS-contaminated media and
waste [14]; one of these technologies was electrochemical oxidation (EC).

As an alternative to incinerating PFAS-tainted IDW, we report herein on a series of
laboratory and pilot-scale experiments that electrochemically oxidized PFAS with boron-
doped diamond electrodes (EC-BDD) with direct current. The reason BDD anodes can
degrade per- and polyfluoroalkyl substances is because of the greater overpotential they
require to oxidize water to oxygen (relative to other anodes). The oxygen overpotential
for gold, platinum, or glassy carbon anodes ranges between 1.7 and 2.2 V, but up to 2.5 V
for BDD anodes [15]. This allows BDD electrodes to produce direct anodic oxidation of
the PFAS and offer a “chemical-free” treatment for PFAS-contaminated water [16]. Our
objectives were to quantify the effects of current density, pH, electrolyte and PFAS chain
length on degradation kinetics and defluorination. We also report on the efficacy of a
custom designed, 3D printed, electrode chamber where the number of BDD electrodes
(2 vs. 4), power sources (1 vs. 2) and DC polarity switching, were varied. We then show
the results from treating a 208 L (55 gal) container of PFOA- and PFOA-tainted water
(Co = <10 µg L−1).
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2. Materials and Methods
2.1. Chemicals

Chemicals were purchased from a variety of vendors and used as received. These
chemicals included: perfluorooctanoic acid (PFOA; C8F15O2H; >95% purity) and perfluo-
rooctane sulfonate (PFOS; C8F17SO3; >95% purity) (Fisher, Fair Lawn, NJ, USA). Shorter
chain PFAS included: perfluorohexanoic acid, perfluorobutyric acid; perfluorohexane-
sulfonic acid, and perfluorobutanesulfonic acid (Fisher, Fair Lawn, NJ; >98% purity)
(Table 1). We also used 14C-labeled perfluorooctanoic acid (14C-PFOA; 55 mCi mmol−1;
American Radiolabeled Chemicals, St. Louis, MO, USA); sodium sulfate, ammonium
fluoride, and H2SO4 (Fisher, Fair Lawn, NJ, U.S.A.). All solutions were prepared with
Millipore water (18.2 MΩ cm−1 resistivity, 25 ◦C) from a Nanopure Barnstead E-pure
system (Thermo Scientific, Waltham, MA, USA).

Table 1. Compound name, acronym, formula, and structure of PFAS used in laboratory and
pilot-scale experiments.

Compound (C#) Acronym Formula Structure

Perfluorooctanoic
Acid (C8) PFOA F(CF2)7COOH
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2.2. Chemical Analysis

Carbon-14 activity (14C-activity) was determined by removing 1 mL subsamples
from the batch reactors and mixing with 6 mL of Ultima Gold liquid scintillation cocktail
(Packard, Meriden, CT, USA). Samples were then mixed and allowed to sit overnight in
the dark before analyzing on a Packard 1900TR liquid scintillation counter (LSC; Packard
Instrument, Downers Grove, IL, USA). A blank consisting of 6 mL Ultima Gold liquid
scintillation cocktail was analyzed prior to running the samples and used to correct sample
activity values (dpms).

Treating PFAS by electrochemical oxidation removes fluoride from the alkyl chain.
Thus, temporal release of fluoride into solution can be representative of PFAS degrada-
tion. In select electrochemical experiments, samples were taken during treatment for
fluoride analysis and run on a Dionex DX-120 ion chromatograph (IC). Standard solu-
tions of fluoride were first prepared and injected into the IC to create a calibration curve.
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Standards were made using ammonium fluoride. The fluoride standards used varied
between 1 and 75 mg L−1, depending on the concentration of PFAS treated. Choosing
which standards to use for data analysis was based on the potential mass of fluoride that
could be released into solution by breaking the C-F bonds. For example, defluorination of
10 mg L−1 PFOA could produce approximately 6.8 mg L−1 of fluoride; 100 mg L−1 PFOA
could yield 68 mg L−1 fluoride, if defluorination was complete. All fluoride standards
were run through the IC, and peak areas were used to generate a calibration curve through
linear regression.

When 14C-PFOA was not used in experiments, unlabeled PFOA and PFOS concentra-
tions were determined at the University of Nebraska Water Center using a Waters Xevo
TQ-S Micro triple quadrupole mass spectrometer with a 2D ultrahigh pressure liquid
chromatography interface. Using EPA Method 533 [17], linear calibration curves were
obtained for the concentration range of 0–20 µg L−1 using isotopically labelled internal
standards. Specific standard concentrations included: 0, 0.1. 0.5, 1.0, 5, 10 and 20 µg L−1.
Limit of detection (LOD) and limit of quantification (LOQ) for the analytical method were
determined by the following: duplicate analyses of standards; results from samples fortified
at a concentration near the low calibration standard signal sensitivity; and the Student’s
t-test value for the number of replicates analyzed.

2.3. Electrochemical Experiments
2.3.1. Generalized Setup of Electrochemical Experiments

Most electrochemical experiments were run under similar stirred, single batch condi-
tions. The typical experimental setup consisted of a 600 mL Erlenmeyer flask filled with
500 mL of a PFAS solution (8 µg L−1 to 100 mg L−1). Enough electrolyte salt (Na2SO4) was
added to bring the concentration to 10 mM Na2SO4. The solution was then spiked with
1 to 3 mL of stock 14C-PFOA (55 mCi mmol−1), which brought the solution’s 14C-activity to
approximately 1500 to 3000 dpms mL−1 and 0.6 mL of diluted H2SO4 acid (10% v/v with
H2O) to decrease the solution pH (2.5). The experimental unit received a magnetic stir bar,
was placed on a stir plate, and then mixed at a stir speed of 700 rpm. We used either one
boron-doped diamond (BDD) anode and a platinum coated titanium (Pt/Ti) wire cathode,
or two boron-doped diamond electrodes (NeoCoat®, La Chaux-de Fonds, Switzerland).
The NeoCoat® electrodes consisted of a polycrystalline boron-doped diamond coating
(5 µm coating, 2500 ppm B) deposited on both sides of a mesh niobium substrate. The
dimensions of the mesh BDD electrodes were 25 × 100 × 1.4 mm. A plastic holder was
fabricated that maintained an electrode spacing of 5 mm. These electrodes were connected
to a DC power supply (30 V/20 A, Extech instruments, Nashua, NH, USA) and suspended
in the solution so that they were submerged as fully as possible without the electrical
alligator clips touching the solution. Electrical current was set at either 1 or 0.4 A, unless
specified otherwise in presented graphs. Assuming an estimated electrode surface area of
25 cm2, current densities ranged from 8 to 40 mA cm−2. The supplied voltage varied with
current density and electrolyte concentration and is reported on resulting graphs.

2.3.2. Effect of Electrical Current

Using a BDD anode and cathode, we quantified the effects of electrical current on a
100 mg L−1 perfluorooctanoic acid (0.24 mM PFOA) solution. Three separate experiments
were run with the electrical current set at 0.2, 0.4 and 1 A (8, 16, 40 mA cm−2). The
experiments ran for 6 h, and 1.5 mL samples were periodically removed from the stirred
reactor to quantify temporal decreases in 14C-activity. One milliliter samples were mixed
with LSC cocktail and analyzed in a liquid scintillation counter; 14C concentrations were
then fit to a first-order rate expression (C = Coe−kt) and compared.

Preliminary experiments were also run with low concentrations of PFOS (17 µg L−1)
and PFOA (4.4 µg L−1), utilizing the BDD anode and cathodes and 8 mA cm−2. These
experiments were analyzed with a Micromass Quattro Micro Triple quadrupole liq-
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uid chromatograph/mass spectrometer with methods and results presented in the
Supplementary Materials (SM).

2.3.3. Effect of Acid Addition (pH)

The effect of pH on PFOA degradation was determined by conducting parallel ex-
periments using either two BDD electrodes, or a BDD/Pf/Ti electrode set, both run at an
electrical current of 1 A (40 mA cm−2). The PFAS test solution was a 100 mg L−1 perfluo-
rooctanoic acid (0.24 mM PFOA) solution, spiked with 14C-PFOA. We acidified the PFOA
solution with diluted H2SO4 to a pH of 2.5 and left one companion solution untreated
(no acid, pH 6–7). Batch reactors were run under the same conditions as above with volts
ranging from 16 to 20 V.

2.3.4. Effect of Electrolyte

Using the generalized electrochemical procedures and two BDD electrodes as anode
and cathode, degradation of PFOA was compared in a 10 mM Na2SO4 electrolyte salt
versus a 100 mM KH2PO4 salt concentration. The pH of both solutions was adjusted to
2.5 before starting electrochemical oxidation.

2.3.5. The Effects of Reseeding PFOA and Fluoride on Degradation

Following the generalized procedures, 14C-PFOA was reseeded into the stirred batch
reactor and treated with two BDD electrodes at pH 2.5. Reseeding occurred at 2 h and
4 h after the initial (T = 0 h) experiment was started. Temporal samples were taken every
15 min, mixed with the cocktail, and analyzed by LSC.

To determine how fluoride released into solution was possibly influencing BDD
performance, we conducted an experiment where generalized procedures were used to
treat a 40 mg L−1 fluoride solution for 2 h before spiking with 14C-PFOA and tracking
changes in 14C activity. A similar experiment was performed where 40 mg F− L−1 was
treated for 2 h and then spiked with a higher PFOA concentration (100 mg L−1 PFOA) so
that defluorination could also be monitored.

2.3.6. Measuring Defluorination

To measure electrochemical oxidation and defluorination together, we used a 100 mg L−1

PFOA solution and spiked it with 14C-PFOA. Using two BDD electrodes and direct current,
we removed solution samples from the batch reactor every 30 to 60 min for 6 h. 14C activity
was determined by mixing 1 mL of sample with 6 mL of cocktail and counting on an
LSC. Fluoride was measured directly with a Dionex DX-120 ion chromatograph using
conductivity detection.

To determine how initial concentration influenced defluorination, we treated PFOA
concentrations of 5, 10, 50 and 100 mg L−1 and ran them under standard EC conditions
using an electrical current of 0.4 A (8 mA cm−2; 12–14 V). Similarly, we determined how
fluorinated alkyl chain length influenced the rate of defluorination. We used perfluorinated
carbonates with carbon chains lengths of 8, 6, 4, and 3 carbons; specifically, these com-
pounds included perfluorooctanoic acid (C8), perfluorohexanoic acid (C6), perfluorobutyric
acid (C4), and perfluoropropionic acid (C3) (Table 1). The starting concentration of each
compound was 0.24 mM, and each compound was treated with two BDD electrodes and
run under standard conditions and 0.4 A.

2.3.7. Pilot-Scale Experiments

A 208 L barrel was filled with 189 L of tap water and spiked to ~10 µg L−1 PFOA,
~10 µg L−1 PFOS with a 10 mM Na2SO4 background matrix. We used a custom 3D printed
four-electrode, flow-through reactor that allowed the electrodes to fit perfectly into a 3D
mold and force contact with the PFAS molecules. The custom reactor was designed with the
3D CAD software SOILDWORKS (Dassault Systèmes Solidworks, Co., Waltham, MA, USA)
and then printed on MakerBot Replicator 3D printer (Brooklyn, NY, USA) using MakerBot
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filament plastic. To further seal the reactor, flex sealant was used around the periphery of
the angular joints and hose connections while a silicone adhesive sealant was used around
each electrode. Reactor pieces and electrodes were assembled with 6 mm foam gaskets
inserted between each section; electrodes were spaced 1 cm apart. PVC hose adaptors for
inlet and outlets were connected to 3D printed material using PVC primer and glue. The
final reactor design was fabricated to be semi-permanent (i.e., leak free), but still allowed
for disassembly and electrode replacement.

Once constructed, the BDD reactor was connected to a custom designed direct current
system (3E, Windsor Heights, IA, USA) that had a 500 W rheostat capable of adjusting
current (0–16 A), 4 solid state relays for switching polarities, and two timers for adjusting
positive and negative cycles. Pilot-scale experiments were run at 1 A with polarity reversed
every 30 s. Tubing adaptors and a submersible pump were used to continuously circulate
water through the reactor at a rate of 2.33 L min−1. This flow rate allowed the 189 L of
simulated IDW to cycle through the BDD reactor every 81 min. Temporal 1.5 mL samples
were collected over 450 h and analyzed via LC/MS/MS.

Before treating the pilot-scale 208 L drum of PFAS-contaminated water, the assem-
bled reactor was used to treat multiple batches of 2 L of 10 µg L−1 of PFOA in a 10 mM
Na2SO4 matrix at a flow rate of 1.7 L min−1. Variables tested with the 3D printed reac-
tor were the number of BDD electrodes (2 vs. 4), power sources (1 vs. 2) and polarity
(constant vs. switching).

3. Results and Discussion
3.1. Electrochemical Oxidation of PFAS

A series of laboratory batch experiments were undertaken using a boron-doped dia-
mond (BDD) anode to electrochemically (EC) oxidize PFAS compounds. The advantage elec-
trochemical oxidation has over other technologies, is that BDD anodes can initiate an elec-
tron removal from both the ionic heads of PFOA and PFOS-like structures [18–22] (Figure 1).
The key factor for enhanced oxidation via EC-BDD treatment is the interaction the EC-
generated hydroxyl radicals have with the electrode surface. In general, high oxidation
power anodes are characterized by weak electrode–hydroxyl radical interactions resulting
in a high current efficiency for organic oxidation and a low electrochemical activity for
oxygen evolution. Based on this, boron-doped diamond can be considered as one of the
ideal anode materials for electrochemical mineralization of organic contaminants [23].

While the exact mechanisms for electrochemical oxidation of PFAS are complex and
still being investigated, there is general agreement that the rate-limiting step is the direct
electron transfer at the anode, which results in cleavage of the head group (-COOH vs.
–SO3H) to produce the corresponding perfluoroalkyl radical (Figure 1); the perfluoroalkyl
radical can then quickly react with •OH, O2, or H2O and degrade to the one-carbon shorter
perfluoroheptanecarboxylate (i.e., perfluoro alkyl carbonate, Figure 1). The newly produced,
1-carbon shorter carboxylate then undergoes the same degradation cycle as the original
PFOA, sequentially converting the carboxylic acid head to carbon dioxide, the fluorine
atoms to hydrogen fluoride, and the CF2 to another carboxylic acid group.

As discussed by Radjenovic et al. [16], the use of high PFAS concentrations
(i.e., 10–100 mg/L) in laboratory experiments likely overestimates EC oxidation perfor-
mance and makes extrapolating results to environmentally relevant matrices difficult.
While we used high PFOA concentrations when fluoride analysis was also performed, the
use of 14C-PFOA provided the advantage of making analysis simple, quick, and negated
any PFAS cross contamination interferences. Moreover, by measuring the 14C activity of
the solution (dpms mL−1), converting to µCi, and then using the specific activity of the
PFOA label (55,000 µCi mmol−1), the PFOA concentration could be calculated. In most
batch experiments that used only 14C-PFOA, the typical starting concentrations (Co) were
6.8 to 10 µg PFOA L−1, which would be environmentally relevant for many contaminated
IDW matrices.
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tion was no longer the main mechanism. Using DC settings that would produce 0.6 mA/cm2, 

we observed no change in PFOA concentrations. By using higher electrical current, how-

ever, we observed both near linear (zero) and first-order PFAS degradation rates (Figure 2). 

Based on previous research [25], we believe these observations can be explained by creating 

kinetic conditions that are either “current-controlled” or “mass-transport controlled”. Un-

der current-controlled conditions, the rate-limiting condition is electron transfer at the BDD 
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limiting), the rate of degradation is constant and controlled by the electron transfer at the 

BDD interface (i.e., zero-order, Figure 2). Under mass-transport controlled, the PFAS 

Figure 1. (A) Rate-limiting step for the treatment of PFOS versus PFOA to the perfluoroalkyl radical;
(B) subsequent degradation of perfluoroalkyl radical.

3.2. Effect of Electrical Current

Potential is the major driving force for electrochemical oxidation of PFAS. Applied
current density is a key experimental parameter that affects PFAS degradation and de-
fluorination efficiency because it regulates the capability of the electron transfer rate and
OH radical generation on the electrode surface. In the PFOA decomposition process,
Ochiai et al. [24] found that when the current density was higher than 0.6 mA/cm2, the
direct electron oxidation was no longer the main mechanism. Using DC settings that
would produce 0.6 mA/cm2, we observed no change in PFOA concentrations. By using
higher electrical current, however, we observed both near linear (zero) and first-order PFAS
degradation rates (Figure 2). Based on previous research [25], we believe these observa-
tions can be explained by creating kinetic conditions that are either “current-controlled”
or “mass-transport controlled”. Under current-controlled conditions, the rate-limiting
condition is electron transfer at the BDD anode to form the perfluoroalkyl radical (Figure 1).
When PFAS is in abundance (i.e., not limiting), the rate of degradation is constant and
controlled by the electron transfer at the BDD interface (i.e., zero-order, Figure 2). Under
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mass-transport controlled, the PFAS becomes limiting, and the degradation rate is con-
trolled by the transfer of the PFAS to the BDD electrode (Figure 2). In other words, the
reaction becomes concentration-dependent or first-order. By increasing the amperage from
0.2 to 0.4 and 1.0 A, the reaction rate changed from current-controlled to concentration-
dependent (Figure 2).
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3.3. pH Adjustment

Previous studies have reported mixed results regarding pH effects on PFAS degrada-
tion during electrochemical oxidation [16]. Niu et al. [25] reported that pH affects •OH
generation, oxygen overpotential and life span of BDD anodes. Further, lower pH can in-
hibit oxygen evolution, which can improve PFAS degradation. In most cases, however, pH
effects have been reported to be slight to modest. Reasons for the lack of strong pH effects
may be attributed, in part, to the lack of true pH-stat conditions. This is due to the surface
acidity of the anode, which decreases the solution pH over time. While treating PFOA,
Lin et al. [26] recorded bulk pH decreases of 0.5 to 1.5 units during 90 min of electrolysis.

Zhuo et al. [15] tested PFOA degradation by BDD anodes at different pH values
(3, 9, 12). They found degradation rates were slightly higher at pH 3 versus 12. Lin et al. [26]
similarly treated PFOA by electrochemical oxidation at pH 3, 5, 7, 9, and 11 and found
pH 5 produced the highest degradation rate. Nienhauser et al. [27] treated a 4-carbon
perfluorobutanesulfonic acid (PFBS), a 6-carbon perfluorohexanesulfonic acid (PFHxS) and
an 8-carbon PFOA with EC-BDD at pH 3, 7 and 12; they found little pH effect for PFOA
but slower kinetics at pH 12 for the 4- and 6-carbon PFAS. Given these results, we adjusted
pH to determine if reaction rates could be increased. Our results of lowering pH provided
mixed results in influencing degradation kinetics.

Using two BDD electrodes, the difference between a neutral pH and acidic (pH = 2.5)
was negligible (Figure 3A). Moreover, using BDD/Pt/Ti electrodes, we compared degrada-
tion rates with and without pH adjustment. Results from two freshly made PFOA solutions
showed that pH adjustment did not affect degradation kinetics (Figure 3B). Although pH
did not influence degradation, it is noteworthy that the BDD/Pt/Ti electrodes (Figure 3B)
produced the fastest degradation kinetics with a first-order rate of 1.478 h−1 and was greater
than the degradation kinetics observed with two BDD (Figure 3A). While this combination
was effective, the lifespan of the BDD anode was shortened due to mineral deposits.
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Figure 3. (A) Effect of pH adjustment on PFOA kinetics; (B) degradation of 14C-PFOA with BDD
anode and Pt/Ti cathode, with and without pH adjustment; (C) degradation of 14C-PFOA in al-
kaline PFOA solution (pH 8) with BDD anode and cathode, with and without pH adjustment
(pH adjust = 2.5); (D) effects of acidifying samples before mixing with liquid scintillation counting
(LSC) cocktail.

An example where pH appeared to influence degradation rates was when we treated
a solution from our pilot-scale IDW barrel (i.e., pilot-scale) with both BDD anodes and
cathodes, we observed faster kinetics by lowering the pH (Figure 3C). Given that the
IDW barrel solution was alkaline (pH ~8), and not neutral as observed in the previous
acidifying experiments (i.e., experiments Figure 3A,B), we determined if the pH effect
on PFOA degradation kinetics was real, as reported by Zhuo et al. [15], or an artifact of
using temporal changes in 14C-activity as an indicator of degradation. In other words,
electrochemical oxidation of 14C-PFOA produces 14CO2 through direct anodic oxidation
(Figure 1A) but the produced CO2 is more soluble in an alkaline solution than a neutral
or acid solution and thus a higher pH may cause some 14CO2 to stay in solution rather
than escape as a gas. If some 14CO2 stays in solution, then monitoring temporal changes in
14C-activity includes both 14C species (14C-PFOA + 14CO2) and would yield a degradation
rate that is slower than the actual degradation rate. By comparing 14C-activity of samples
acidified versus not acidified before mixing with scintillation cocktail, we showed that
an alkaline solution indeed retained some 14CO2, if not first acidified (Figure 3D). Thus,
when the pH of the 14C-PFOA solution being treated is not lowered prior to EC treatment,
individual samples need to be acidified to drive out any dissolved 14CO2 in solution.
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3.4. Electrolyte

Supporting electrolytes are used to provide an electro-conductive medium and mini-
mize the voltage drop and resistance of the electrochemical reactor [15,26]. High electrical
conductivity leads to faster electron transport and a better degradation rate for organic pol-
lutants. Zhuo et al. [28] found that the electrochemical oxidation of 6:2 FTS decreased in the
trend of NaClO4 > NaCl > Na2SO4. To avoid the potential for organochloride byproducts,
chlorate, or perchlorate from forming, we compared Na2SO4 versus KH2PO4 and found no
differences in rate constants (Figure 4). It is important to note that by increasing the salt
concentration, lower voltages produced similar amperage. Thus, if amperage or current
density was similar (8 mA cm−2, Figure 4), kinetic rates were similar.
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3.5. Reseeding PFAS to BDD Electrodes

To gain insight into the robustness of the EC-BDD system to continually degrade PFAS,
we reseeded PFOA back into the batch reactor. By monitoring disintegrations per minute
(dpms) following reseeding of 14C-PFOA into the BDD-treated solution, the initial drop in
dpms increased after the second and third reseedings (52%→ 65%→ 72%, Figure 5A). We
also noticed a similar behavior when we electrochemically treated a 40 mg L−1 fluoride
solution before adding 14C-PFOA (Figure 5B). Results showed that the addition of fluoride
increased the initial decrease in 14C-PFOA (Figure 5B) but caused a plateau; similarly, in a
similar but separate experiment using a higher PFOA concentration, the defluorination rate
was higher during the first 2 h with BDD electrodes that had been previously exposed to
fluoride; but with time, defluorination plateaued after 4 h (Figure 5C). These observations
indicate that at least initially, preconditioning the electrodes with fluoride may have altered
the electrode surface.

Previous researchers have documented that adsorption of fluoride to the BDD elec-
trodes can occur. Guan et al. [29] observed in their electrochemical system that PFOA
decomposed on the BDD anode to generate radicals containing fluorine, which reacted
and bonded with the BDD surface. They confirmed this surface adsorption with XPS
measurements. Guan et al. [29] also showed that the fluorinated surface showed water
repulsion (i.e., more hydrophobic) and suggested that enrichment of the BDD with fluoride
may be altering PFAS reaction rates over time. While the fluoride pretreatment may have
initially increased defluorination (Figure 5C), it did not last, as observed by the plateau
(Figure 5C) and may have promoted additional anodic wear. Anodic wear of BDD can lead
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to the formation of oxygenated sites and observable wear of BDD electrodes [30–33]. This
changing surface chemistry can affect the reproducibility of electrode performance in water
treatment [32].
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Figure 5. (A) Temporal changes in 14C-PFOA following reseeding; (B) effect of adding fluoride
(40 mg L−1) and treating with BDD electrodes for 2h before adding 14C-PFOA; (C) fluoride generation
from PFOA, with and without preconditioning of BDD electrodes with fluoride (40 mg L−1).

3.6. Defluorination and Fluoride Mass Balance

By using 14C-labeled PFOA and measuring temporal loss of 14C-activity and fluo-
ride generation, we were able to quantify the transformation rate of the parent structure
(i.e., 14C-PFOA) as well as the transformation of the subsequently formed shorter chain
degradation products (Figure 6). Results showed nearly complete transformation of the
PFOA molecule with approximately 60% defluorination (Figure 6). Both PFOA removal

189



Water 2022, 14, 2708

and F- generation plateaued after approximately 3 h with defluorination occurring at a
slightly lower rate than PFOA degradation (Figure 6).
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Figure 6. Temporal changes in 14C-PFOA and fluoride concentrations. Experimental conditions:
BDD anode and cathode; 100 mg L−1 PFOA, acidified, 20 V, 1 A.

Uwayezu et al. [34] used similar direct current EC-BDD conditions in treating PFOA,
and reported 99.5% PFOA degradation and 50% fluoride recovery. They also confirmed the
detection of shorter chain (4, 5, 6, and 7 carbon) fluorinated carboxylates. Zhou et al. [15]
similarly documented the formation of shorter chain perfluorinated carboxylates follow-
ing BDD treatment of both PFOA and PFOS. Given that shorter chain perfluorinated
compounds are being formed by the EC-BDD treatment (Figure 1) and we observed defluo-
rination rates slowed down after 3 h of treatment (Figure 6), we investigated defluorination
rates of various chain length perfluorinated carbonates by using them as starting substrates
(Table 1). In these experiments, we used the same starting molar concentration (0.24 mM).
Our goal was to determine if any of the shorter chain perfluorinated compounds were
resistant to electrochemical oxidation via the EC-BDD treatment. These results confirmed
that the shorter chain degradation products formed during the destruction of the parent
PFOA or PFOS (Figure 1) were also mineralized by the EC-BDD treatment method.

Results showed that fluoride generated from the perfluorinated compounds were
generally linear during the first 3 to 5 h (Figure 7A) with the longer chain length compounds
producing a higher percentage of defluorination. Although defluorination rates were
slightly slower for the shorter chain compounds, our results confirm that these compounds
were not resistant to EC-BDD oxidation. Radjenovic et al. [16] reported that longer chain
PFAS are more hydrophobic and have a higher affinity to adsorb to electrode surfaces
than shorter chain PFAS, and that this would enhance electrooxidation and defluorination.
Barisci and Suri [35] specifically treated short and long chain pefluorocarboxylic acids with
Si/BDD electrodes and found overall defluorination was greater with longer carbon chain
lengths. Short chain PFAS are characterized as having lower molecular polarizabilities [36],
which is the ability of a compound to form a dipole in an electrical field, and is the one
molecular descriptor that corresponds with observed reaction rates of PFAS treated by
electrochemical oxidation [16,36].

Given that we have observed both zero-order and first-order removal rates of PFOA
under varying conditions (Figure 2), we determined initial concentration effects on defluo-
rination rates. Results showed that higher fluoride recovery rates were observed at higher
concentrations (Figure 7B), but all concentrations plateaued after approximately 3 h.
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3.7. Pilot-Scale Experiments

The custom printed 3D reactor was designed to be compatible with 2 or 4 BDD
electrodes and suitable for treating a 208-L container (Figure 8). Before pilot-testing of the
3D reactor with 189 L of PFAS water, the 3D reactor was tested by treating 14C-PFOA in the
laboratory (2 L). By using only 14C-PFOA (no unlabeled PFOA), the initial concentration
was in the 8 to 10 µg L−1 (ppb) range, which was calculated from the specific activity
(µCi mmol−1) of the PFOA.

Laboratory results using 14C-PFOA and the 3D reactor with different power sources
(pilot-scale vs. laboratory-scale) showed that reaction rates could be influenced by adjusting
the number of electrodes, power sources and polarity (Figure 9). By using 4 BDD electrodes
over 2 BDD, reaction rates increased from k = 0.738 h−1 to 1.256 h−1 (Figure 9). Similarly,
using two power sources was superior to a single power source (k = 0.855 vs. 1.577 h−1)
and by switching the polarity of the electrodes every 30 s, degradation rates were greater
than rates obtained using a constant polarity (k = 0.854 vs. 1.256 h−1) (Figure 9).
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Figure 8. (A) Schematic of 208 L barrel experiment with components consisting of barrel, direct-
current power supply, and 3D printed, four-BDD electrode chamber; (B) photograph of 3D printed
electrode chamber; (C) photograph of direct current power supply.

Results from our 208 L pilot-scale experiment using LC/MS/MS analysis indicated
that micrograms per liter (ppb) PFAS concentrations can easily be degraded by electro-
chemical oxidation using BDD anodes. The pilot-scale reactor and pump moved liquid
at 2.33 L min−1, meaning the 189 L of simulated IDW was cycled through the 3D reactor
every 81 min. Results showed that PFOS was transformed relatively quickly and was
below detection in less than 200 h. By contrast, PFOA was transformed approximately
three times slower and was reduced to 0.114 µg L−1 at the end of the experiment. In a
preliminary batch experiment, we also observed faster kinetics with PFOS over PFOA
(Figure S1). Using a BDD flow-through reactor, Maldonando et al. [37] also observed faster
kinetics with PFOS than PFOA. Nienhauser et al. [27] also found that 4, 6, and 8-carbon
PFASs with a sulfonated head group degraded 2–3 times faster than their carboxylic coun-
terparts. Radjenovic et al. [16] noted however, how reactions rates of mixed PFAS could be
influenced by starting concentrations. For instance, Liang et al. [38] showed that at PFOA
and PFOS concentrations of 10 mg L−1, PFOS degradation was slower in the presence of
PFOA, whereas Wang et al. [36] working with microgram per liter concentrations observed
similar rate constants of perfluoroalkyl acids when treated individually or in mixtures.
Fenti et al. [39], who used a Magnéli-phase TinO2n−1 mesh anode in a flow-through electro-
chemical reactor reported faster kinetics for PFOA (0.033 h−1) than PFOS (0.022 h−1); these
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rate constants reported by Fenti et al. [39] are in the range similar to those observed in our
pilot-scale experiment (Figure 10). Given EPA’s new health advisory levels for PFOA and
PFOS (0.004 ng L−1 for PFOA and 0.02 ng L−1 for PFOS), additional treatment time would
be needed for PFOA destruction under the current treatment.
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Figure 9. Temporal changes in 14C-PFOA when treated with 3D printed reactor us-
ing: (A) 2 versus 4 BDD electrodes; (B) 1 versus 2 power sources; and (C) constant versus
switching polarities.

At the end of the pilot-scale experiment, the BDD reactor was disassembled and
photographed (Figure 11). Although polarity was switched every thirty seconds, the inflow
of the IDW solution through the 3D reactor remained constant and, therefore, all IDW
solution entered the same port. This resulted in a buildup of salt on the first BDD electrode
(Figure 11). Adding an additional valve to periodically reverse flow direction during the
treatment of the IDW may help to alleviate salt buildup in future tests.
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Figure 10. Temporal changes in PFOA and PFOS concentrations in 208 L barrel pilot-scale experiment.

Given only synthetic solutions of IDW were tested in this study, we acknowledge
treating actual IDW is a logical progression and will be more challenging. Other re-
searchers have been successful in treating real world solutions, such as landfill leachates.
Maldonado et al. [36] found that PFOS and PFOA degradation was six times slower in a
landfill leachate matrix than in a water matrix using similar conditions (current density,
flow through cell); they attributed the slower kinetics to the presence of co-contaminants
in the landfill leachate. While treating an ion exchange regenerant, Maldonado et al. [40]
found PFAS reaction kinetics were three-fold slower than a synthetic solution and attributed
the difference to the presence of co-contaminants.

While the costs of BDD electrodes remain high and a potential roadblock to full
scale use, alternative electrodes, such as Magnéli-phase Ti4O7 anodes offer a lower cost
alternative [36]. The use of the electrodes in batch, flow-by and flow-through modes is also
a consideration, especially when treating larger quantities of IDW. While more elaborate
BDD electrode reactor assemblies have been successfully used in the past [40,41], with
some being commercially available (ElectroCell, Amherst, NY, USA), we showed herein,
that a low-cost, 3D-printed reactor was functional and capable of treating larger volumes
(189 L) of PFAS-contaminated water at a modest cost. Material costs for the printed 3D
reactor were less than USD 100. The cost of the additional main components included the
four commercial BDD electrodes (USD 1180, NeoCoat®, La Chaux-de Fonds, Switzerland),
and the custom designed direct current system (USD 2668, 3E, Windsor Heights, IA, USA).
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4. Conclusions

A series of laboratory and pilot scale experiments were performed to quantify the
efficacy of electrochemical oxidation of PFAS using boron-doped diamond electrodes. By
using 14C-labeled PFOA, we showed that low concentrations of PFOA (µg L−1) could easily
be measured with a liquid scintillation counter and reaction kinetics quantified without
the concern of cross contamination. By tracking temporal changes in both 14C-activity
and fluoride concentrations, we showed oxidation of the carboxylic head (-14COOH to
14CO2) was possible, and up to 60% of the bonded fluorine was released into the solution.
We showed that the shorter chain degradation products formed during the destruction of
the parent contaminant were also degraded and defluorinated by the EC-BDD treatment.
LC/MS/MS analysis indicated micrograms per liter (ppb) PFAS concentrations were
easily degraded by electrochemical oxidation using BDD electrodes. By increasing current
density (amperage), observed kinetics changed from current-controlled (zero-order) to
mass-transfer controlled (first-order). Reversing polarity improved the lifespan of the BDD
electrodes. A low-cost, 3D printed, four-electrode BDD reactor was successful in treating
189 L of simulated IDW in a 208-L container. Periodically alternating the flow direction of
the IDW into the 3D reactor may reduce salt buildup and improve performance.
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Abstract: In this work, the degradation performance for the photocatalytic oxidation of eight micro-
pollutants (amisulpride, benzotriazole, candesartan, carbamazepine, diclofenac, gabapentin, methly-
benzotriazole, and metoprolol) within real secondary effluent was investigated using three different
reactor designs. For all reactor types, the influence of irradiation power on its reaction rate and
energetic efficiency was investigated. Flat cell and batch reactor showed almost similar substance
specific degradation behavior. Within the immersion rotary body reactor, benzotriazole and methyl-
benzotriazole showed a significantly lower degradation affinity. The flat cell reactor achieved the
highest mean degradation rate, with half time values ranging from 5 to 64 min with a mean of
18 min, due to its high catalysts surface to hydraulic volume ratio. The EE/O values were calcu-
lated for all micro-pollutants as well as the mean degradation rate constant of each experimental
step. The lowest substance specific energy per order (EE/O) values of 5 kWh/m3 were measured
for benzotriazole within the batch reactor. The batch reactor also reached the lowest mean values
(11.8–15.9 kWh/m3) followed by the flat cell reactor (21.0–37.0 kWh/m3) and immersion rotary body
reactor (23.9–41.0 kWh/m3). Catalyst arrangement and irradiation power were identified as major
influences on the energetic performance of the reactors. Low radiation intensities as well as the use of
submerged catalyst arrangement allowed a reduction in energy demand by a factor of 3–4. A treat-
ment according to existing treatment goals of wastewater treatment plants (80% total degradation)
was achieved using the batch reactor with a calculated energy demand of 7000 Wh/m3.

Keywords: photocatalysis; micro-pollutant treatment; titanium dioxide; reactor design; energy per
order; immobilized catalyst

1. Introduction

Within our industrialized society, thousands of chemical compounds are used daily
for industrial and household purposes. Within the European Union, for example, over
100 thousand unique substances are registered within the European Community (EC)
inventory [1]. Some of these substances, such as pharmaceuticals, industrial chemicals, and
pesticides, enter the wastewater stream and can be discharged into downstream aquatic
systems due to inadequate treatment performance of conventional wastewater treatment
technologies [2,3]. Despite their low concentrations with a range of ng/L to µg/L, these
micro-pollutants represent a challenge for future water and drinking water protection [4].
An additional treatment stage for municipal wastewater is necessary as an important
barrier to the emission of these pollutants. This (4th) treatment stage is usually arranged
after the biological treatment stage of wastewater treatment plants. The state of the art
of treatment mostly consists of adsorptive processes, which use granulated or powdered
activated carbon, and oxidative processes, which use ozone [5–7]. The cumulative energy
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demand of a large-scale ozonation can be assumed to be 50–100 Wh/m3 [8]. For this
application, a biological post treatment, in most case an aerated sand filtration, is necessary
due to transformation products, which requires a cumulative energy consumption of
20–50 Wh/m3 [8]. Powdered activated carbon (PAC) applications also require the use of
sand filtration, which can be associated with an energy demand of 120 Wh/m3. Further
relevant energy consumption occurs during the production of activated carbon and can be
quantified as 350 Wh/m3 (primary energy/treated wastewater) [8]. These values can be
seen as a first point of comparison towards the state of the art.

Advanced oxidation processes (AOP), which use cold oxidation by hydroxyl radicals as
a core mechanism, are not yet used on a broad industrial scale within municipal wastewater
treatment [9]. The main advantage of these applications is the higher oxidation potential
of the hydroxyl radicals, which in principle allows a complete mineralization of treated
pollutants to CO2, water, and mineral salts [9,10]. During photocatalysis on titanium
dioxide, irradiation of the catalyst with UV-A light (320–400 nm) leads to charge separation
and, thus, to the formation of electron holes and free electrons [11]. The use of this process
is possible in several variations. Existing developments can be differentiated in terms of the
light source (wavelength, natural/artificial, type), the catalyst (TiO2-based/other material,
immobilized/suspended, size), and the reactor design and operation [12]. The emphasis of
this work is the use of immobilized TiO2 and UVA-LEDs as light source for the treatment of
micro-pollutants in wastewater. A comparison of reactor systems is possible by a number
of performance indicators [12,13]. In the context of economic competitiveness, the energy
efficiency is an important parameter if artificial irradiation is used Wang et al. 2021 [14].
The electrical energy required to degrade a pollutant by a factor of 10 in relation to the
volume of water treated is called electrical energy per order (EE/O) and is usually given as
a characteristic value [14]. Within the literature, values from 5 ∗ 104 up to 10−1 kWh/m3 are
reported for different pollutants and reactor systems [14]. Most of these systems described
in [12] are in the range of 10–50 kWh/m3. In addition to the pollutant treated and the type
of reactor, degradation rates and, thus, energy efficiencies get influenced/decreased by a
variety of other parameters, especially matrix influences [15,16]. A realistic assessment of
the suitability of photocatalytic processes for wastewater treatment consequently requires
an investigation of a wide range of micro-pollutants in real matrix. [17] achieved EE/O
values of 0.21 kWh/m3 for diclofenac and 2.1 kWh/m3 for carbamazepine using suspended
TiO2 and UVC-lamps when treating river water with a photocatalytic membrane reactor
module. In contrast, [18] stated, that no strictly photocatalytic experiment measured EE/O
values lower than 10, except the experiments of [19], which was conducted using ultrapure
water at pH 3.8. [20] measured EE/O values of 15–57.3 kWh/m3 for the treatment of
azithromycin, trimethopirm, oflaxacin, and sulfamethoxazole within secondary effluent
via suspended TiO2 photocatalysis.

The content of this work is the comparison of three reactor types for the photocat-
alytic degradation of eight micro-pollutants based on experimental measurement data
within secondary effluent. The catalyst used was immobilized TiO2, which is suitable for
wastewater treatment due to its low resource cost and toxicity, if nanoparticulate emission
can be avoided. The focus lays on the energetic efficiency of these applications, since
this parameter has a significant influence on the economic competitiveness compared to
conventional processes of the 4th treatment stage. The energetic comparison is carried out
in this work using the EE/O methodology. It must be noted that, at least for the German
context, a degradation of 90% is substantially beyond currently discussed cleaning targets.
Existing requirements for the degradation performance of these applications require an 80%
elimination of a selection of indicator substances relative to the raw wastewater [21,22]. A
detailed comparison with conventional treatment technologies requires a detailed configu-
ration of a photocatalytic treatment stage considering variable degradation performances of
upstream biological stages and, thus, exceeds the scope of this work. As a rough estimate,
it can be assumed that a 20% average micro-pollutant degradation is achieved within the
biological stage of a wastewater treatment plant [2,8]. Assuming 75% elimination within a
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(photocatalytic) 4th treatment stage (relative to secondary effluent), this results in a total
degradation of 80%. Assuming pseudo 1st order reaction kinetics, which applies for the
photocatalytic treatment of most micropollutants, a non-linear reduction of the energy
demand of about 40% for a reduced elimination rate (90% to 75%) is to be expected.

2. Methods
2.1. Chemicals and Materials

A more detailed description of the catalyst material used is given in previous works [23,24].
It consists of a suspension of anatase-modified titanium dioxide nanoparticles of 14 nm
diameter and an anatase content of the titanium dioxide of 90%, which is coated onto a
stainless-steel mesh. The V4A steel mesh had a mesh size of 200 µm and a wire thick-
ness of 100 µm. A 10 µg/L terbutryn (Sigma Aldrich, St. Louis, MO, USA) solution in
methanol was used within analysis as an internal standard. Further analytical purity
chemicals were used for calibration: amisulpride (Gentham Life Science, Corsham, UK),
benzotriazole (Gentham Life Science), candesartan (BLD Pharma, Hyderabad, India), carba-
mazepine (Sigma Aldrich), diclofenac (Cayman Chemical Company, Ann Arbor, MI, USA),
gabapentin (Gentham Life Science), 1-methylbenzotriazole (Chempure, Bengaluru, India),
and metoprolol (Sigma Aldrich).

2.2. Experimental Set-Up and Procedure

The investigations were carried out in different time series in 2019, 2020, 2021, and
2022. The investigated wastewater was always taken during dry weather conditions from
the effluent of the wastewater treatment plant Weimar-Tiefurt and were filtered (50 µm)
before use. The treatment plant has a capacity of 100,000 inhabitants. It consists of a
mechanical treatment stage and a double channel cascade biological treatment system with
horizontal secondary sedimentation. In total, three different reactor systems were used:

• Laboratory scale batch reactor
• Laboratory scale flat cell reactor
• Semi-technical photocatalytic immersion rotary body reactor

Data regarding the individual cleaning performance are already published for the flat
cell [24] and the immersion rotary body reactor [23].

As shown in Figure 1, the laboratory batch reactor consists of an aluminum cylinder
with a diameter of 14 cm and a hydraulic volume of 500 mL. The irradiated catalyst area is
0.0154 m2. The reactor is stirred continuously at 300 rpm. Six LEDs with a total electrical
power of 12 W are installed and the power can be manually controlled. The catalyst is
placed horizontally, submerged in the reactor 5 mm below the water surface. The reactor
was investigated in batch mode. Before starting the experiment, the reactor was flushed
with wastewater. Afterwards, a 30-min concentration equilibration was performed whereby
the reactor was mixed and not irradiated. Subsequently, a photocatalytic treatment was
carried out for 90 min, with 5 mL of sample material being taken every 15 min.

The flat cell reactor studied, as shown in Figure 2, consists of a pleated steel mesh
coated with TiO2 and eight UV-A LEDs (365 nm). The catalyst is placed inside a stainless-
steel enclosure with glass windows on both sides. The edge length is 11.5 cm, and the
hydraulic volume is 200 mL. The pleated design of the catalyst allowed a surface area of
0.0181 m2 to be arranged on a base area of 0.0128 m2. On each side of the reactor, 4 UV-A
LEDs (1.8 W each) were evenly spaced at 8 cm distance. The reactor was constantly fed
via peristaltic pump. Within the experiments, a hydraulic residence time of 12.17 min was
set. After a run time of 30 min, which ensured a stationary reactor condition, the inlet and
outlet of the reactor were sampled.
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Figure 2. Schematic 3D-Model of the photocatalytic flat cell reactor.

The photocatalytic immersion body reactor in Figure 3 consists of 12 rotating discs of
36 cm diameter on which the catalyst material is placed on both sides. Total catalyst area is
2.44 m2, of which about 50% is irradiated via UV-A LED arrays. The hydraulic part of the
reactor is divided into 12 cascades, which are flown through in series with a total volume
of 25 L. Investigation and sampling were carried out in the following steps: replace reactor
volume with fresh wastewater, start reactor feed and operation and let run for 90 min, stop
the reactor feed and operation, and sample. For this reactor, one sample is taken from every
second of the twelve cascades. In contrast to previous laboratory applications, continuous
feeding continues to take place directly from the effluent of the Weimar-Tiefurt wastewater
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treatment plant, whereas in the laboratory scale sample, the material was fed to the reactors
via a tank, which was taken as a quick sample (about 20 L).
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Figure 3. Schematic 3D-Model of the photocatalytic immersion body reactor (© Lynatox
GmbH, 2020).

The experimental program is divided according to the reactor type. For the batch
reactor, the degradation of micro-pollutants was investigated under the influence of the
electrical irradiation power at constant treatment time. For the other continuous flow
reactors, a variation of the irradiation power at a constant feed rate was also carried out. An
overview of the investigated parameters can be seen in Table 1. The investigated radiation
power per reactor volume was varied for different reactor systems. There are overlapping
ranges for all reactor systems with a total magnitude of about 3.08–57.60 kW/m3. The LED
power relative to the irradiated catalyst area was also similar for the batch and immersion
rotary body reactor (100–300 W/m2). In the experiment with the flat-cell reactor, higher
LED powers per catalyst area of up to 636 W/m2 were additionally investigated.

The values of the catalyst area-related irradiation power must be understood as a
coefficient for reactor configuration and do not represent the actual average irradiation
intensity on the respective catalysts. Due to the emission angle of the LEDs being 120◦ and
the LED gap being 8 cm for the flat-cell reactor, considerable lateral losses are to be expected
here. Furthermore, adsorption and reflection dynamics or other geometric characteristics
of irradiation sources are not considered within this value.
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Table 1. Experimental reactor operation and geometric parameters.

Batch Reactor

Number LED-power per irradiated
catalyst area [W/m2]

Irradiated catalyst area per
hydraulic volume [m2/m3]

LED-power per hydraulic
volume [kW/m3] Treatment time [min]

1.1 99.94
30.79

3.08 90
1.2 199.88 6.15 90
1.3 299.82 9.23 90

Immersion Rotary Body Reactor

Number LED-power per irradiated
catalyst area [W/m2]

Irradiated catalyst area per
hydraulic volume [m2/m3]

LED-power per hydraulic
volume [kW/m3]

Hydraulic retention
time [min]

2.1 87.83
48.86

4.29 59.76
2.2 197.89 9.67 64.10
2.3 303.72 14.84 63.83

Flat-Cell Reactor

Number LED-power per irradiated
catalyst area [W/m2]

Irradiated catalyst area per
hydraulic volume [m2/m3]

LED-power per hydraulic
volume [kW/m3]

Hydraulic retention
time [min]

3.1 159.12

90.50

14.40 12.17
3.2 318.23 28.80 12.17
3.3 477.35 43.20 12.17
3.4 636.46 57.60 12.17

2.3. Analytical Methods

The micro-pollutant analysis for the flat-cell and immersion rotary body reactor
experiments was conducted using LC-MS/MS analogous to previous publications [24].
The HPLC was a Dionex R3000 system (ThermoFischer, Waltham, MA, USA) with gradient
pump and autosampler. The HPLC eluent was ultrapure water with 1 mmol/l ammonium
acetate and acetonitrile with 0.1% acetic acid. A Synergy 2.5 µm hydro PP column (Phe-
nomenex, Aschaffenburg, Germany) measuring 100 2 mm was used as analytical separation
column. The flow was 0.25 mL/min, and the gradient was run from 4% acetonitrile to 96%
acetonitrile in 28 min. The injection volume was 100 µL sample, which was mixed with
10 µL internal standard. An API 4000 triple quadrupole mass spectrometer (Sciex, Framing-
ham, MA, USA) with electro spray ionization was used for detection. For each substance,
two multiple reaction monitoring mass transitions were evaluated. The micro-pollutant
measurements of the batch reactor experiments were carried out by the commercial labora-
tory “GWA Umweltanalytik Luisenthal” following [25]. The following substances were
analyzed: amisulpride, benzotriazole, candesartan, carbamazepine, diclofenac, gabapentin,
1-methylbenzotriazole, and metoprolol. All analytical measurements were carried out at
least in duplicate.

2.4. Kinetic and Modelling

The kinetics of heterogeneous photocatalytic degradation can be described by the
Langmuir–Hinshelwood (L–H) model [26,27], where the reaction rate of the parent sub-
stances can be calculated as follows:

r = −dC
dt

= kLH
KLCp

1 + KLCp + ∑n
i=1 KiCi(i = 1, n)

(1)

The reaction rate r is determined by the specific reaction constant kLH , the Langmuir
constant KL, and the equilibrium concentration Cp. The constant kLH is significantly influ-
enced by the formation and recombination rate of radicals. These are again significantly
influenced by the activity of the catalyst, the radiation power, and the concentration of
electron acceptors in the liquid matrix. The constant KL describes the substance-specific
adsorption capacity of the reactant on the catalyst material. Ki and Ci are the Langmuir
constant and the concentration of every substance within the solution. However, the appli-
cation of this model in practice is very difficult, because, on the one hand, in a wastewater
matrix in the rarest cases, all ingredients can be determined and the adsorption of the in-
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vestigated micro-pollutants on the catalyst within the present concentration ranges cannot
be measured. However, according to the observations of many authors, the practically
observed reaction follows the first order [26]. Thus, the following simplification is assumed:

r = −dC
dt

= kLHKLCp = kCp (2)

For easier readability of measured reaction rates, they have been presented within this
work as half-lives according to Formula (3):

T1/2 =
ln 2

k
(3)

In order to compare the efficiency of different reactor systems, it is necessary to balance
the amount of energy used, in this case electrical irradiation power, per unit volume of
treated wastewater. The volume-specific energy requirement is calculated according to the
following formula:

Espez =
PA ∗ AV ∗ VR

Q
(4)

Here, PA is the electrical radiation power per catalyst surface, AV is the catalyst area
used per volume, VR is the reactor volume, and Q is the volumetric flow rate. Assuming
a 90% degradation rate, the feed rate can be calculated from reactor volume and reaction
rate on a substance-specific basis. Under this assumption, Formula (5) can be represented
as follows:

EE/Oi = PA ∗ AV ∗ Ti (5)

where, Ti is the treatment or hydraulic retention time to achieve a given degradation ratio
of a micropollutant within a specific experimental set-up. By means of Formula (6), an
energy balance for a batch reactor is also possible. For flow reactors this balancing is only
valid if a plug-flow behavior can be assumed. This proof as well as the corresponding
1st order reaction rate constants have been provided experimentally for the flat cell re-
actors within [24]. The 1st order reaction rate constants for immersion rotary body were
determined in [25]. The time Ti was calculated using Formula (6):

Ti =
ln(1 − ηi)

ki
(6)

Here ηi is the degradation ration (0.9 for calculation of the EE/O-values) and ki reaction
rate constant. The first order reaction rate constants for the batch reactor were calculated
using the following formula:

y = A1 ∗ exp
(
− (x − x0)

t1

)
(7)

where x is equal to the treatment time within the batch reactor. The correlation was
conducted using the Origin Pro software.

In Figure 4, the concentration curves and parameter estimations for the batch reac-
tor are shown exemplary. For carbamazepine, inconsistent concentration curves were
measured. As shown in Figure 4A, in two experiments, an increase of concentration oc-
curred during the photocatalytic treatment. These increases may be explained, by the
presence of oxcarbazepine, among other predecessor substances, within these wastewater
samples. Consequently, carbamazepine was not included in the evaluation of the batch
tests. For all reactors, 1st order reaction kinetic was applied and experimental proven.
All experimental parameters (Table S1), measured concentrations (Table S2) as well as
the corresponding half-live constants and fitting parameters (Table S3) are shown in the
Supplementary Materials.

205



Water 2022, 14, 2681

Water 2022, 14, x FOR PEER REVIEW 8 of 15 
 

 

corresponding half-live constants and fitting parameters (Table S3) are shown in the Sup-
plementary material. 

 

Figure 4. Concentration curves of carbamazepine and concentration curves and first-order fitting 
curves for benzotriazole, diclofenac, and candesartan for batch reactor experiments. 

3. Results 

In Figure 5, the measured micro-pollutant concentrations in the effluent of the 
wastewater treatment plant Weimar-Tiefurt are shown. There were high loads of ben-
zotraizole, diclofenac, and gabapentin. The initial concentrations of the flat cell reactor 
experiments were elevated for amisulpride, benzotriazole, candesartan, and carbamaze-
pine compared to the other samples. Especially the parameters benzotriazole and 
gabapentin showed high fluctuations. Compared to typical effluent concentrations re-
ported in [2], similar values were measured for all the micropollutants except diclofenac 
and carbamazepine, which were detected in higher concentrations. Overall, representa-
tive micro-pollutant concentrations of the secondary effluent were observed. 

Figure 4. Concentration curves of carbamazepine and concentration curves and first-order fitting
curves for benzotriazole, diclofenac, and candesartan for batch reactor experiments.

3. Results

In Figure 5, the measured micro-pollutant concentrations in the effluent of the wastew-
ater treatment plant Weimar-Tiefurt are shown. There were high loads of benzotraizole,
diclofenac, and gabapentin. The initial concentrations of the flat cell reactor experiments
were elevated for amisulpride, benzotriazole, candesartan, and carbamazepine compared
to the other samples. Especially the parameters benzotriazole and gabapentin showed
high fluctuations. Compared to typical effluent concentrations reported in [2], similar
values were measured for all the micropollutants except diclofenac and carbamazepine,
which were detected in higher concentrations. Overall, representative micro-pollutant
concentrations of the secondary effluent were observed.

The photocatalytic reaction constants for all three reactor systems operated with simi-
lar electrical irradiation power per hydraulic volume are presented as halftime values in
Figure 6. A higher reaction rate of many substances is evident for the flat cell reactor. For
benzotriazole and diclofenac, similar degradation rates were measured for flat cell and
batch reactor. Similar half time values were achieved for carbamazepine, amisulpride, and
gabapentin within flat cell and immersion rotary body reactor. Interestingly, benzotriazole
and methlybenzotriazole showed significantly lower degradation affinity within the im-
mersion rotary body reactor. Overall, a reactor- and substance specific reaction behaviour
was found.
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In Figure 7A the mean 1st order reaction constants for all experimental steps are shown
in relation to each electrical irradiation power. Similar to Figure 6, overall higher values
were achieved for the flat cell reactor. The progression of curves indicates an overlapping
behaviour at similar radiation powers for batch and flat cell reactor. The immersion rotary
body reactor showed overall lower mean reaction rates. For all reactors, an increase in
radiation power was associated with higher degradation rates. For the flat cell, as well
as the immersion rotary body reactor, efficiency losses at higher radiation powers can be
observed. This effect can be caused by the quantum efficiency of the catalysts, diffusion
processes, or substances specific adsorption affinities. In Figure 7B, the influence of varying
irradiated catalyst area to hydraulic volume (A/V) ratios was corrected assuming a linear
relation to the mean 1st order constants. The A/V values of the batch (30.8 m2/m3), flat
cell (90.5 m2/m3), and immersion rotary body (48.9 m2/m3) were scaled to an intermediate
value of 50 m2/m3. It is evident that the comparatively high reaction performance of the
flat cell reactor is mainly caused by its higher A/V ratio. The reaction rates of flat cell and
batch reactor show similar magnitudes; however, for the batch reactor, these are achieved
with significantly lower irradiation powers. The immersion rotary body reactor shows
overall about a 2–3 times lower reaction rate even at significantly higher irradiation powers
than the batch reactor.
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cell (FC), and immersion rotary body reactor (IRB) for varying electrical irradiation powers (A);
mean 1st order reaction constant with a linear correction to a surface area to volume ratio of
50 m2/m3 (B) (all mean values without carbamazepine).

The EE/O values were calculated for all experimental steps using the mean 1st order
reaction constant of every micro-pollutant. The result is shown in Figure 8 for all micro-
pollutants and the three reactor types at similar radiation power per hydraulic volume.
The lowest EE/O values of 5–10 kWh/m3 were achieved for benzotriazole and diclofenac
within the batch and flat cell reactor. Within the batch reactor, the other investigated
substances were degraded with EE/O values of 10–20 kWh/m3. For the immersion rotary
body reactor, overall higher EE/O values were measured ranging from 30 to 60 kWh/m3.
The flat cell showed the biggest substance specific range of energy demand with values
from 5 to 50 kWh/m3.
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In Figure 9, the mean EE/O values for every experiment are shown in relation to
the LED power depicted as the electrical irradiation power per hydraulic volume. For all
three reactors, lower EE/O values were archived when using lower radiation lowers and
consequentially higher treatment durations. This effect resulted in a 25–45% reduction in
energy consumption. Significant differences are evident in the overall energy efficiency of
the investigated reactor systems. The batch reactor achieved the lowest EE/O values of
11.8–15.9 kWh/m3. The EE/O values of the flat cell and immersion rotary body reactor
were 2–3 times higher. Analogous to Figure 7A similar values at overlapping radiation
powers are indicated by the curve progression of batch and flat cell reactor.

Water 2022, 14, x FOR PEER REVIEW 12 of 15 
 

 

In Figure 9, the mean EE/O values for every experiment are shown in relation to the 
LED power depicted as the electrical irradiation power per hydraulic volume. For all three 
reactors, lower EE/O values were archived when using lower radiation lowers and conse-
quentially higher treatment durations. This effect resulted in a 25–45% reduction in energy 
consumption. Significant differences are evident in the overall energy efficiency of the 
investigated reactor systems. The batch reactor achieved the lowest EE/O values of 11.8–
15.9 kWh/m³. The EE/O values of the flat cell and immersion rotary body reactor were 2–
3 times higher. Analogous to Figure 7A similar values at overlapping radiation powers 
are indicated by the curve progression of batch and flat cell reactor.  

 
Figure 9. Mean EE/O values for the degradation of all eight micro-pollutants within the batch, flat 
cell, and immersion rotary body reactor as a function of the electrical irradiation per surface area 
(all mean values without carbamazepine). 

Given the use of similar catalyst material, wastewater samples, and reactor parame-
ters, this result must be significantly influenced by the geometrical arrangement of the 
catalyst and associated hydraulic impacts. Within the immersion rotary body reactor, the 
catalyst is only periodically submerged within the medium. The catalyst within the batch 
reactor is permanently submerged. The hydraulic volume below the catalyst is in a turbu-
lent state due to the magnetic mixer. In the flat cell reactor, the fluid is forced through the 
catalysts grid via the pressure gradient of the inlet pump. Based on these results, a sub-
merged arrangement of catalysts proves beneficial in terms of energetic efficiency, 
whereby no difference could be found between external sources of turbulence and flow 
path through the catalysts mesh itself.  

The energy demand for variable mean degradation rates was calculated based on the 
experimental results of all reactor types (Figure 10). For all reactors, the 1st order constant, 
which resulted in the lowest EE/O value, was chosen for calculation. Typical treatment 
target values, as described within the introduction, are indicated graphically. Using the 
batch reactor, a 75% degradation rate can be achieved with an electrical energy input of 
7000 Wh/m³. The flat cell and immersion rotary body reactor had an energy demand of 
12,000–14,000 Wh/m³ to achieve a similar degradation. However, following the trend de-
scribed in Figure 9, values similar to the batch reactor are to be expected when using the 
flat cell reactor with lower radiation intensities.  

Figure 9. Mean EE/O values for the degradation of all eight micro-pollutants within the batch, flat
cell, and immersion rotary body reactor as a function of the electrical irradiation per surface area (all
mean values without carbamazepine).

209



Water 2022, 14, 2681

Given the use of similar catalyst material, wastewater samples, and reactor parameters,
this result must be significantly influenced by the geometrical arrangement of the catalyst
and associated hydraulic impacts. Within the immersion rotary body reactor, the catalyst is
only periodically submerged within the medium. The catalyst within the batch reactor is
permanently submerged. The hydraulic volume below the catalyst is in a turbulent state
due to the magnetic mixer. In the flat cell reactor, the fluid is forced through the catalysts
grid via the pressure gradient of the inlet pump. Based on these results, a submerged
arrangement of catalysts proves beneficial in terms of energetic efficiency, whereby no
difference could be found between external sources of turbulence and flow path through
the catalysts mesh itself.

The energy demand for variable mean degradation rates was calculated based on the
experimental results of all reactor types (Figure 10). For all reactors, the 1st order constant,
which resulted in the lowest EE/O value, was chosen for calculation. Typical treatment
target values, as described within the introduction, are indicated graphically. Using the
batch reactor, a 75% degradation rate can be achieved with an electrical energy input of
7000 Wh/m3. The flat cell and immersion rotary body reactor had an energy demand
of 12,000–14,000 Wh/m3 to achieve a similar degradation. However, following the trend
described in Figure 9, values similar to the batch reactor are to be expected when using the
flat cell reactor with lower radiation intensities.
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Figure 10. Energy demand per volume treated of the batch, flat cell (FC), and immersion rotary body
reactor (IRB) in relation to the mean degradation rate of all measured micro-pollutants.

Compared to the state of the art, with typical values of 100–300 Wh/m3, further im-
provement is still needed to achieve a beneficial use of photocatalytic technics. However,
compared to the immersion body reactor, significant improvement in energetic efficiency
could be achieved at a laboratory scale. When comparing the results to previous measure-
ment of EE/O values within wastewater, similar EE/O values were achieved within the
immersion rotary body and flat cell reactor system [20]. The results of the batch reactor
test showed an overall improvement in energetic efficiency with EE/O values ranging
from 5 to 20 kWh/m3. When comparing the EE/O values aggregated in [12], signifi-
cantly lower energy demands (up to 240 Wh/m3) were measured for the degradation of
various indicator substances (e.g., methylene blue, methylene orange, malachite green).
However, a comparability of results is not given due the use of ultra-pure water and the
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increased degradation affinity of these indicator substances. In [28], an energy demand of
38–47 kWh/m3 was determined for the degradation of phenol within secondary effluent
using suspended TiO2 catalysts.

4. Conclusions

In this work, the degradation performance for the photocatalytic oxidation of eight
micro-pollutants with real secondary effluent was investigated using three different reactor
designs. Flat cell and batch reactor showed similar substance specific degradation behav-
iors. Within the immersion rotary body reactor, benzotriazole and methyl-benzotriazole
showed a significantly lower degradation affinity. The flat cell reactor achieved the highest
mean degradation rate due to its high catalysts surfaces to hydraulic volume ratio. The
EE/O values were calculated for all micro-pollutants as well as the mean degradation
rate constant of each experimental step. The lowest substance specific EE/O values of
5 kWh/m3 were measured for benzotriazole within the batch reactor. The batch reactor
also reached the lowest mean values (11.8–15.9 kWh/m3) followed by the flat cell reactor
(21.0–37.0 kWh/m3) and immersion rotary body reactor (23.9–41.0 kWh/m3). Catalyst
arrangement and irradiation power were identified as major influences on the energetic
performance of the reactors. A high catalyst surface to hydraulic volume ratio, which led to
high degradation rates within the flat cell reactor showed no beneficial impact on energetic
efficiency. A treatment according to existing treatment goals of wastewater treatment plants
can be achieved using the batch reactor with a calculated energy demand of 7000 Wh/m3.
Compared to existing literature values, an improved energetic efficiency was measured for
the batch reactor configuration. This highlights the potential of this reactor type within pho-
tocatalytic wastewater treatment. However, a major difference compared to the energetic
efficiency of ozonation and activated carbon still persists.

As mentioned in the introduction, the batch and flat cell reactor types were only
developed on a laboratory scale. Especially in terms of radiation, transport optimizations,
such as equalizing radiation fields, minimizing absorption of the liquid and reflections,
are possible. Therefore, further research work regarding these reactor types is necessary.
Following the results of [29], further increases in efficiency seem possible, when integration
controlled periodic illumination (CPI) within the reactor systems. When comparing the
energy demand with the state of the art (especially ozone oxidation), it also needs to be
mentioned that a direct comparability is not given due to deviating oxidation, transforma-
tion, and mineralization characteristics of each reaction cascade. The beneficial effect of
AOP on the formation of transformation products as described in [30] needs to be seriously
considered when comparing treatment options.

Supplementary Materials: The following are available online at https://www.mdpi.com/article/10
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Abstract: The development of high catalytic performance heterogeneous catalysts such as peroxy-
monosulfate (PMS) activators is important for the practical remediation of organic pollution caused
by Rhodamine B (RhB). An economical and facile synthesized composite of copper–magnesium
oxide and carbon nitride (CM/g-C3N4) was prepared by the sol-gel/high-temperature pyrolysis
method to activate PMS for RhB degradation. CM/g-C3N4 exhibited a splendid structure for PMS
activation, and the aggregation of copper–magnesium oxide was decreased when it was combined
with carbon nitride. The introduction of magnesium oxide and carbon nitride increased the specific
surface area and pore volume of CM/g-C3N4, providing more reaction sites. The low usage of
CM/g-C3N4 (0.3 g/L) and PMS (1.0 mM) could rapidly degrade 99.88% of 10 mg/L RhB, and the RhB
removal efficiency maintained 99.30% after five cycles, showing the superior catalytic performance
and reusability of CM/g-C3N4. The synergistic effect of copper and g-C3N4 improved the PMS
activation. According to the analyses of EPR and quenching experiments, SO4

•−, •OH and O2
•−

radicals and 1O2 were generated in the activation of PMS, of which SO4
•− and 1O2 were important

for RhB removal. The toxicity of RhB was alleviated after being degraded by the CM/g-C3N4/PMS
system. This study provides an efficient and promising strategy for removing dyes in water due to
the hybrid reaction pathways in the CM/g-C3N4/PMS system.

Keywords: RhB degradation; heterogeneous catalyst; copper–magnesium oxide/carbon nitride
composite; PMS activation

1. Introduction

Rhodamine B (RhB) poses a potential threat to the aquatic environment and human
health because of its high salt content and poor biodegradability [1]. RhB has been exten-
sively applied in the fields of colored glass, as well as the textile and plastic industries. It can
cause symptoms such as the red staining of human skin, mild congestion of blood vessels
in the brain and breakage of myocardial fibers. According to the chemical carcinogenic
risk assessment of the World Health Organization International Agency for Research on
Cancer IARC), ingestion or skin contact with RhB will cause acute and chronic poisoning.
Therefore, exploring efficient treatment technology is important for removing the highly
toxic RhB.

Many methods have emerged to remove RhB, including adsorption [2], ion exchange [3],
advanced oxidation processes (AOPs) [4,5], membrane filtration [6] and biodegradation [7].
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However, owing to its special chemical structural stability, light resistance, corrosion resis-
tance and bacteriostasis, RhB cannot be fully degraded by traditional physical methods and
biological technologies [4]. Among them, AOPs have garnered extensive attention for their
high efficiency and mineralization in removing pollutants [8–10]. Traditional AOPs use
hydroxyl radicals (•OH) to remove pollutants [11]. However, the problems of weak redox
potential (1.8–2.7 V), short lifetime (<1 µs) and a narrow range of optimum pH restrict the
application of •OH [12]. Recently, AOPs based on sulfate radicals (SO4

•−) have received more
and more attention for their high redox potential (2.5–3.1 V), long lifetime (30–40 ms) and a
wide pH range [13]. Peroxymonosulfate (PMS) is one of the widely used oxidants activated
by transition metal ions [14,15], heat [16], alkali materials [17], ultrasound [18], UV light
sources (254 nm) [19] and heterogeneous catalysts [20] to produce SO4

•− for pollutant degra-
dation. Among various methods, PMS activated by heterogeneous catalysts is more promising
for practical applications because of its mild reaction conditions, low energy consumption
and easy recycling [20]. Previous research has employed heterogeneous catalysts including
CuO [21], CuCo2O4 [22], CuO@FeOx@Fe-0 [23] and CuO-Co3O4@CeO2 [24] to activate PMS
for pollutant degradation. All these studies have demonstrated that PMS activated by metal
oxide for the generation of active substance is a prospective advanced oxidation process for
the decomposition of toxic pollutants.

Copper is one of the transition metals for PMS activation. Copper oxide, as an efficient,
economical and low toxic heterogeneous catalyst, has a high catalytic performance [25].
However, the problems with the aggregation and the dissolution of copper ion decrease the
activity and limit the practical application of copper oxide. To overcome such drawbacks,
Du et al. prepared CuO/rGO for 2,4,6-trichlorophenol removal, which exhibited much
better catalytic performance than CuO [26]. Kiain et al. found that CuO@AC could
be reused in three cycles, and the leaching of copper ions was negligible [27]. Li et al.
synthesized BC-CuO for methylene blue, acid orange 7, atrazine and ciprofloxacin removal
in a highly saline system, which achieved a high catalytic performance [28]. All these results
indicated that loading the copper oxide on the supporter is an efficient way to improve
the catalytic performance of copper oxide. However, the applications of these catalysts
were restricted by the complex synthesis, high cost of precursor materials and insufficient
reaction sites. Therefore, it is necessary to develop a method of low-cost and facile synthesis
and increase the reaction site to enhance the catalytic performance of copper oxide.

Carbon nitride (g-C3N4), as a low-cost and stable material, is commonly applied in
many fields [29–31], which could be easily prepared by being calcined in the air, without
any chemical or physical pretreatment. The g-C3N4 can not only be used as a supporter to
disperse the metal oxide, with more reaction sites exposed, but also activate PMS to some
extent. Therefore, the introduction of g-C3N4 may decrease the aggregation and improve the
catalytic performance of copper oxide. It is reported that the introduction of magnesium oxide
can enhance the specific surface area and electron transfer capacity of the catalyst [32–34],
which is beneficial for PMS activation. Furthermore, the large quantities of surface basic sites
on magnesium oxide can facilitate the formation of an M–OH complex [34], thus increasing
the reaction sites between the catalyst and PMS, which is the vital step for PMS activation.
Hence, the combination of copper oxide, magnesium oxide and g-C3N4 is an effective way
to improve the catalytic performance of copper oxide. Moreover, it is an economical and
eco-friendly catalyst worth exploring.

In order to develop a high catalytic performance catalyst with a low cost and abundant
reaction sites for RhB degradation, copper oxide was combined with magnesium oxide
and g-C3N4 to form a composite (CM/g-C3N4). The composite was initially employed as a
heterogeneous catalyst for PMS activation, which showed splendid catalytic performance
and stability. When compared with previous reports, low-cost magnesium oxide and g-
C3N4 were introduced into the catalyst at the same time for increasing the reaction sites and
decreasing the aggregation of copper oxide. Furthermore, the hybrid reaction pathways
(radicals and non-radical) were produced in the CM/g-C3N4/PMS system.
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In this study, the effects of preparation procedures on the catalytic performance
of composite were investigated, and the effects of catalyst dosage, PMS concentration,
RhB concentration and initial pH value on the RhB removal were also explored. The
degradation intermediates of RhB were analyzed by LC-MS, and the toxicity was predicted
by the Toxicity Estimation Software Tool. The activation mechanism of PMS was proposed
according to the results of XPS, the EPR test and quenching experiments. The reusability of
the catalyst was conducted through five cycle experiments.

2. Material and Methods
2.1. Chemicals and Reagents

The information relating to the chemicals and reagents is described in
supplementary material—Text S1.

2.2. Preparation of Catalyst

A preparation of pure g-C3N4: 5 g melamine was placed in a 30 mL quartz crucible
and calcined at 550 ◦C (5 ◦C/min) for 4 h in an air atmosphere. After cooling down, it was
fully ground with an agate mortar to obtain yellow powder.

Preparation of the copper–magnesium oxide/g-C3N4 composite (CM/g-C3N4): First,
0.250 M Cu(NO3)2·3H2O and 0.250 M Mg(NO3)2·6H2O were dissolved in 40 mL of deion-
ized water. Then, 0.50 M citric acid was added to the above solution and stirred for 10 min.
Thereafter, the mixture was heated at 80 ◦C in the air until the water was completely
evaporated to obtain a blue colloid. The obtained colloid was heated to 700 ◦C at a rate of
5 ◦C/min under a nitrogen atmosphere for 4 h to obtain black powder. Finally, the black
powder and melamine were ground and mixed at a mass ratio of 1:2, and calcined in the
air at 550 ◦C for 4 h (Scheme S1). In order to investigate the effect of the preparation pro-
cedures on the catalytic performance of CM/g-C3N4, the materials with different g-C3N4
precursors (urea and pure g-C3N4), mass ratios of copper–magnesium oxide to melamine
(1:1, 1:3, 1:4, 1:5), pyrolysis temperatures (500 ◦C, 600 ◦C, 800 ◦C, 900 ◦C), pyrolysis times
(2 h, 3 h, 5 h, 6 h) and molar ratios of copper to magnesium precursor (1:0.25, 1:0.5, 1:1.5,
1:2) were also synthesized according to the preparation processes of CM/g-C3N4. The
composites prepared with urea or pure g-C3N4 as carbon nitride precursors were denoted
as CM/g-C3N4 (urea) and CM/g-C3N4 (2), respectively. The preparations of copper oxide,
copper–magnesium oxide, copper oxide/g-C3N4 composite and magnesium oxide/g-C3N4
composite were the same as the above processes, unless no Mg(NO3)2·6H2O and melamine,
melamine Mg(NO3)2·6H2O and Cu(NO3)2·3H2O were added. They were denoted as CuO,
CM, C/g-C3N4 and M/g-C3N4, respectively.

2.3. Degradation Experiment

The information relating to the degradation experiment was described in
supplementary material—Text S2. Three groups of parallel samples were carried out
in each experiment. All results are displayed as an average value and standard error.

2.4. Characterizations

The information relating to the characterizations is described in supplementary material—
Text S3.

2.5. Analytical Methods

RhB concentration was analyzed by a UV-visible spectrophotometer at 554 nm. The
total organic carbon (TOC) concentration was calculated by a TOC analyzer (Muti N/C
2100). Active substances were observed by using an electron paramagnetic resonance spec-
trometer (EPR, Bruker E 500-10/12). The intermediates of RhB degradation were identified
using a liquid chromatography–mass spectrometry machine (LC-MS, Agilent 1290II). The
ionization mode was chosen as ESI (positive ion mode), and the source temperature was
350 ◦C. The mixture of 0.10% formic acid and CH3CN (60:40, v/v) was the mobile phase,
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and the flow rate was 0.20 mL/min. The leaching concentrations of copper and magne-
sium ions were analyzed by an inductively coupled plasma optical emission spectrometer
(ICP-OES, Agilent 720ES). As to the calculation and optimization of RhB molecule, the
Fukui Function based on DFT calculation was adopted in Materials Studio software (MS).
The Fukui function analysis was analyzed by LDA/PWC in Dmol3 of MS, without taking
into account the influence of spin in the calculation [32]. The Fukui function representing
free radical (f 0) attacks was used to evaluate the reaction sites of active substances on
the molecules. The toxicity of RhB and its intermediates was evaluated by the Toxicity
Estimation Software Tool (TEST) version 5.1.1 based on quantitative structure–activity
relationships (QSAR) methodologies [35].

The RhB degradation kinetics were fit by the pseudo first order model and the apparent
rate constant (k) was calculated according to Equation (1).

Ln (Ct/C0) = − kt (1)

where Ct is the RhB concentration at a certain reaction time (t) and C0 is the initial RhB
concentration; t is the reaction time; k is the apparent rate constant. The crystallite size of
CM/g-C3N4 was calculated from XRD data using the Scherrer Equation (2) [36].

D =
Kλ

B cos θ
(2)

where D is the crystallites’ size (nm), K is the Scherrer constant (0.9), λ is the wavelength of
X-ray sources, B is the FWHM (radians), and θ is the peak position (radians).

3. Result and Discussion
3.1. Degradation of RhB in Different Systems

As shown in Figure 1a, the removal of RhB by CM/g-C3N4 and PMS was 9.47 and
13.42% respectively, indicating that CM/g-C3N4 and PMS show poor RhB removal efficiency.
Pure g-C3N4 could remove 28.01% of RhB in 5 min by activating PMS, demonstrating that
g-C3N4 is not only a supporter but also can activate PMS to some extent. CM showed a
slightly better catalytic performance than CuO, and the catalytic performance of CM was
enormously improved when it was combined with g-C3N4 to form the CM/g-C3N4 composite,
with the removal of RhB increasing from 19.03 to 99.53%. Based on the characterizations
of SEM and BET, the introduction of g-C3N4 could increase the specific surface area and
pore volume of CM, and decrease the aggregation of CM, with more reaction sites being
exposed. Furthermore, more hydroxyl groups, which were important for PMS activation, were
produced on the surface of CM/g-C3N4 than that of CM (Sections 3.3.3 and 3.5). Therefore,
CM/g-C3N4 showed a better catalytic performance than CM. As shown in Figure 1b, the
catalytic performances of C/g-C3N4 and M/g-C3N4 were worse than that of CM/g-C3N4.
The reason is that the structure of CM/g-C3N4 is more conductive for PMS activation than
those of C/g-C3N4 and M/g-C3N4 (Section 3.3). These results indicate that the interaction
among copper, magnesium and g-C3N4 promotes the catalytic performance of CM/g-C3N4.
Thus, the CM/g-C3N4 is an efficient PMS activator.
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CM/g-C3N4 (urea) and showed a similar catalytic performance to CM/g-C3N4 (2) (Figure 
S1a). This is because the decomposition temperature of melamine is higher than that of 
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Figure 1. Degradation of RhB under different systems (a,b). Reaction conditions: [PMS] = 2.0 mM,
[catalyst] = 0.50 g/L, [RhB] = 10.0 mg/L, 25 ◦C.

3.2. Effect of Preparation Procedures on the Catalytic Performance of CM/g-C3N4

The effects of preparation conditions, such as g-C3N4 formed by different precursors,
mass ratios of copper–magnesium oxide to melamine, pyrolysis temperatures and times,
and molar ratios of copper to magnesium precursor, on the catalytic performance of CM/g-
C3N4 were investigated. CM/g-C3N4 presented better catalytic performance than CM/g-
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C3N4 (urea) and showed a similar catalytic performance to CM/g-C3N4 (2) (Figure S1a).
This is because the decomposition temperature of melamine is higher than that of urea,
CM/g-C3N4 will form more carbon nitride than CM/g-C3N4 (urea) in the preparation
process, which is beneficial for PMS activation. Guan et al. (2020) also found that g-
C3N4 prepared by melamine showed a better catalytic performance than that prepared
by urea [37]. To simplify the synthesis process, melamine rather than pure g-C3N4 was
utilized as the g-C3N4 precursor.

As the mass ratio of copper–magnesium oxide to melamine increased from 1:1 to 1:2,
the degradation of RhB by CM/g-C3N4/PMS increased in 4 min, while RhB degradation
decreased in an increase of the mass ratio from 1:2 to 1:5 (Figure S1b). In a low addition
amount, g-C3N4 will completely collapse the basic structure [38], and the dispersion of
copper–magnesium oxide on the g-C3N4 would be inadequate. Furthermore, for a high
addition amount of g-C3N4, the dispersion of copper–magnesium oxide was excessive,
causing the unsaturated contents of Cu, O and Mg in the CM/g-C3N4. All these phenomena
would decrease the catalytic performance of CM/g-C3N4.

The pyrolysis temperature and time have an influence on the catalytic performance of
catalysts. When the pyrolysis temperature of CM/g-C3N4 was less than 700 ◦C, the removal
of RhB increased with an increase in temperature. However, the removal of RhB decreased
as the pyrolysis temperature of CM/g-C3N4 reached higher than 700 ◦C (Figure S1c). It was
possible that the structure of the catalyst would be destroyed or collapsed at a much higher
pyrolysis temperature [39], thereby reducing reaction sites and decreasing the catalytic
performance. The removal of RhB increased in 3 min with CM/g-C3N4 heated from 2 to
4 h, while it decreased with CM/g-C3N4 heated over 4 h (Figure S1d). This was possible
because the structure of the catalyst would be sintered in the long pyrolysis time.

The best molar ratio of copper to magnesium precursors of CM/g-C3N4 was explored
(Figure S1e). Within 3 min, the removal efficiency of RhB was 48.30, 71.80, 98.93, 73.80
and 66.70% for the molar ratios of copper to magnesium precursor of CM/g-C3N4 of
1:0.25, 1:0.5, 1:1, 1:1.5 and 1:2, respectively. The sample was prone to agglomeration and
produced other impurities as the molar ratio of copper to magnesium precursor increased
or decreased [40]. It could be inferred that the crystal structure of CM/g-C3N4 was well
constructed in the 1:1 molar ratio of copper to magnesium precursor.

Based on the above results, the catalyst synthesized with a 1:2 mass ratio of copper–
magnesium oxide to melamine and a 1:1 molar ratio of copper to magnesium precursor at
700 ◦C for 4 h, was the best PMS activator.

3.3. Characterizations of the Catalysts
3.3.1. SEM and TEM

For investigating the effect of the microstructure of catalysts on their catalytic perfor-
mance, SEM characterization was performed, and the distribution of various elements of
CM/g-C3N4 was also tested by EDS mapping characterization. As shown in Figure 2a,b,
CM was composed of particles with aggregation and an irregular shape, and the pure
g-C3N4 was a sheet packing structure. The aggregation of CM decreased when it was
combined with g-C3N4 (Figure 2c). The above results showed that CM was well dispersed
on the g-C3N4, thus exposing more reaction sites and improving the catalytic performance.
The C/g-C3N4 were accumulated in a cluster, and no obvious particles had been seen,
indicating that the CuO was covered and piled up with the g-C3N4; thus, fewer reaction
sites were exposed (Figure 2e). The structures of CuO and g-C3N4 in C/g-C3N4 had been
changed. On the contrary, M/g-C3N4 was accumulated in the form of particles, and no
obvious flaky structure had been seen (Figure 2f). The research by Hoai Ta et al. showed
a similar phenomenon [41]. Compared with C/g-C3N4 and M/g-C3N4, g-C3N4 kept its
structure in the CM/g-C3N4. These results indicated that the interaction among copper,
magnesium and g-C3N4 would not make the structure of g-C3N4 change. The decreasing
aggregation and the structure of CM/g-C3N4 was more beneficial for exposing the reaction
site to activate PMS than that of C/g-C3N4 and M/g-C3N4. Therefore, the catalytic per-
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formance of CM/g-C3N4 was the best among them. As shown in Figure 2d, the structure
of CM/g-C3N4 did not change significantly after the reaction, but small cracks appeared
in some places of CM/g-C3N4. It may be caused by the corrosion of CM/g-C3N4 during
the PMS activation. The results of SEM-EDS mapping showed that C, N, O, Cu and Mg
elements were uniformly distributed on the CM/g-C3N4, rather than a random mixture of
all substances (Figure 2g).
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Figure 2h clearly shows that the CM was uniformly dispersed on the g-C3N4. The
HRTEM image of CM/g-C3N4 with clear lattice fringes is exhibited in Figure 2i. The lattice
spacing was about 0.2325, 0.2113 and 0.1462 nm, corresponding to CuO (111) and MgO
(200), (220) crystal planes, respectively. It was consistent with the XRD results (Section 3.3.2).

3.3.2. XRD

The XRD spectra of different catalysts are presented in Figure 3. The peaks at 13.2◦

and 27.3◦ in pure g-C3N4 were respectively attributed to the in-plane repeating units of
the continuous heptazine framework ((100) crystal plane) and the interlayer stacking of
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the periodic conjugated aromatic structure ((002) crystal plane) [42–44]. The diffraction
peaks of M/g-C3N4 at 42.74◦ and 62.18◦ corresponded to the (200) and (220) crystal planes
of MgO, respectively. The (111) crystal plane attributed to CuO could be observed in the
C/g-C3N4 at 38.74◦. SEM characterization showed that the morphology of g-C3N4 in the
C/g-C3N4 and M/g-C3N4 had changed, therefore the g-C3N4 diffraction peaks were not
found in these two materials. The corresponding peaks of CuO and MgO appeared in the
CM, and the aggregation of CM led to the low intensity. The crystal plane diffraction peaks
of g-C3N4 (002), CuO (111) and MgO (200, 220) were detected at 25.18◦, 38.7◦, 42.84◦ and
62.52◦ of CM/g-C3N4, respectively. It was in agreement with the HRTEM result. Due to
the irregular arrangement of tri-s-triazine units [45,46], CM/g-C3N4 showed a weak (100)
crystal plane diffraction peak. The diffraction peak of the (002) crystal plane in CM/g-C3N4
was weakened and shifted when compared with pure g-C3N4. This phenomenon indicated
that the layered g-C3N4 was peeled off, and copper–magnesium oxide was successfully
introduced into the structure of g-C3N4. When compared with pure CuO (JCPDS: 80-1916)
and MgO (JCPDS: 79-0612), the corresponding crystal planes in the CM/g-C3N4 were
slightly shifted, showing that there was an interaction between CuO and MgO in the
CM/g-C3N4. Furthermore, the XRD peak of CM/g-C3N4 was more broadening than that
of CM. It could be ascribed to the interaction among copper oxide, magnesium oxide and
g-C3N4. According to the calculation of the Scherrer equation, the size distribution of
CM/g-C3N4 was 22.01–63.54 nm, and the average size was 36.94 nm. The XRD spectra of
CM/g-C3N4 before and after the reaction were similar, but the peak of (002) crystal plane
shifted from 25.18◦ to 26.2◦ as the intensity decreased. Furthermore, the diffraction peaks
of (200) and (220) crystal planes at 42.74◦ and 62.18◦ of CM/g-C3N4 disappeared after the
reaction. The results show that the g-C3N4 and MgO in CM/g-C3N4 have important effects
on the PMS activation.
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3.3.3. FTIR

The FTIR spectrum of each sample is shown in Figure 4. The peak at 3375 cm−1 could
be assigned to the stretching vibration of a hydroxyl group (−OH) [47]. This peak was
observed in the M/g-C3N4. It could be ascribed to the MgO in M/g-C3N4, which was in
favor of –OH being absorbed on the surface. The peak of −OH was also observed in the
CM/g-C3N4, with a higher intensity than that seen in the M/g-C3N4, but there were no
peaks in the CM and C/g-C3N4. The result indicated that the large number of −OH on the
CM/g-C3N4 surface could be attributed to the interaction between MgO and g-C3N4. It
may be because the aggregation of CM was not beneficial for−OH produced on the surface.
However, the aggregation was decreased when CM was combined with g-C3N4, and in
the action of MgO, −OH could be produced on the surface of CM/g-C3N4. −OH has been
certified as an important PMS activation site [48], thus the excellent catalytic performance
of CM/g-C3N4 can be attributed to the numerous −OH (demonstrated in Section 3.5).
The peak at 1635 cm−1 of CM/g-C3N4 could be ascribed to the −OH bending vibration
in adsorbed water [49], which is also important for PMS activation. However, this peak
was not observed on the other catalysts. The peaks at 1224–1647 and 3175 cm−1 of pure
g-C3N4 were attributed to the stretching vibration of the heterocyclic ring (C−N=C) and
N−H [50–55], respectively. This peak of the heterocyclic ring shifted and became weaker
in the CM/g-C3N4 (1083–1176 cm−1), possibly because of the influence of Cu, Mg and O
elements on the structure of the C−N=C. The peak at 810 cm−1 was associated with the
vibration of the triazine unit, but it was not observed in the CM/g-C3N4 due to its irregular
arrangement. These phenomena were in agreement with the XRD result. Due to the shape
of the g-C3N4 changing in the C/g-C3N4 and M/g-C3N4, their FTIR spectrums showed no
characteristic peak about g-C3N4, which was consistent with the results of SEM and XRD.
The peaks below 700 cm−1 of C/g-C3N4, M/g-C3N4 and CM/g-C3N4 corresponded to the
stretching and bending vibrations of M−O (M: Cu and Mg) [39], respectively.
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3.3.4. BET

A Brunauer-Emmett-Teller (BET) gas adsorption analysis was used to investigate the
porous structure and specific surface area (SSA) of the catalyst. All samples showed type
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IV isotherms and H3 type hysteresis loops, indicating that the mesoporous structure was
dominant in these samples (Figure 5). When compared with CM and C/g-C3N4, the SSA
and pore volume of CM/g-C3N4 increased, and the average pore diameter slightly reduced
(Table 1). These results demonstrated that the introduction of g-C3N4 and MgO increased
the SSA and pore volume of CM/g-C3N4, thus more reaction sites were exposed and the
structure of CM/g-C3N4 was more conducive to activating PMS. According to the SEM
characterizations of CM, C/g-C3N4 and CM/g-C3N4, the metal oxide in CM/g-C3N4 was
mostly dispersed. Thus, it could be inferred that the aggregation of the catalyst had a
relationship with the SSA. However, the M/g-C3N4 with the largest SSA (58.47 m2/g) was
accumulated in the form of particles, illustrating that the relationship between SSA and
the aggregation of catalyst was not linear. When compared with other materials, such as
CuMg-MMO [40] and CuO-CN [45], the SSA, pore volume and average pore diameter of
the materials prepared in this article were all the best.

Water 2022, 14, x FOR PEER REVIEW 11 of 29 
 

 

(Table 1). These results demonstrated that the introduction of g-C3N4 and MgO increased 
the SSA and pore volume of CM/g-C3N4, thus more reaction sites were exposed and the 
structure of CM/g-C3N4 was more conducive to activating PMS. According to the SEM 
characterizations of CM, C/g-C3N4 and CM/g-C3N4, the metal oxide in CM/g-C3N4 was 
mostly dispersed. Thus, it could be inferred that the aggregation of the catalyst had a re-
lationship with the SSA. However, the M/g-C3N4 with the largest SSA (58.47 m2/g) was 
accumulated in the form of particles, illustrating that the relationship between SSA and 
the aggregation of catalyst was not linear. When compared with other materials, such as 
CuMg-MMO [40] and CuO-CN [45], the SSA, pore volume and average pore diameter of 
the materials prepared in this article were all the best. 

 
Figure 5. N2 adsorption–desorption isotherms of different catalysts (g-C3N4; M/g-C3N4; C/g-C3N4; 
CM/g-C3N4; CM). 

Table 1. Specific surface area and pore characteristics of different catalysts (g-C3N4; M/g-C3N4; C/g-
C3N4; CM/g-C3N4; CM). 

 Specific Surface Area 
(m²/g) 

Pore Volume (cm³/g) Pore Size (nm) 

CM 35.45 0.1803 20.34 
CM/g-C3N4 42.72 0.2092 19.59 
C/g-C3N4 42.18 0.1992 18.89 
M/g-C3N4 58.47 0.2041 13.96 

3.4. Factors Impacting RhB Degradation by CM/g-C3N4/PMS 
3.4.1. Catalyst Dosage, PMS Concentration and RhB Concentration 

As shown in Figure S2a, the removal efficiency of RhB increased from 36.88 to 99.90% 
at 5 min, and the k value raised from 0.0867 to 1.2916 min−1 with increasing catalyst dosage 
(Table S1). More catalysts can provide more reaction sites for PMS activation, thus more 
active substances can degrade RhB in the reaction system. As shown in Figure S2b, the 
removal of RhB raised from 91.83 to 99.55% at 5 min for the PMS concentration of 0.50–1.0 

Figure 5. N2 adsorption–desorption isotherms of different catalysts (g-C3N4; M/g-C3N4; C/g-C3N4;
CM/g-C3N4; CM).

Table 1. Specific surface area and pore characteristics of different catalysts (g-C3N4; M/g-C3N4;
C/g-C3N4; CM/g-C3N4; CM).

Specific Surface Area (m2/g) Pore Volume (cm3/g) Pore Size (nm)

CM 35.45 0.1803 20.34
CM/g-C3N4 42.72 0.2092 19.59
C/g-C3N4 42.18 0.1992 18.89
M/g-C3N4 58.47 0.2041 13.96
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3.4. Factors Impacting RhB Degradation by CM/g-C3N4/PMS
3.4.1. Catalyst Dosage, PMS Concentration and RhB Concentration

As shown in Figure S2a, the removal efficiency of RhB increased from 36.88 to 99.90%
at 5 min, and the k value raised from 0.0867 to 1.2916 min−1 with increasing catalyst
dosage (Table S1). More catalysts can provide more reaction sites for PMS activation, thus
more active substances can degrade RhB in the reaction system. As shown in Figure S2b,
the removal of RhB raised from 91.83 to 99.55% at 5 min for the PMS concentration of
0.50–1.0 mM, with the k value increased from 0.4939 to 1.1703 min−1 (Table S1). As the
PMS concentration increased from 1.0 to 3.0 mM, the k value decreased from 1.1703 to
0.8455 min−1. In fact, as the concentration of PMS increases, the activation reaction can be
promoted rapidly. However, the self-quenching reaction of PMS will reduce the number of
active substances and limit the expression of catalysts due to the overdose of PMS molecules
in the reaction system [56]. Figure S2c showed that the degradation efficiency of RhB
decreased from 99.90 to 65.69% in the RhB initial concentration range from 5.0 to 20.0 mg/L
at 5 min, and the k value dropped from 1.4365 to 0.2187 min−1. This may be because the
number of active substances were constant in an assured concentration of catalyst and PMS.
The higher the content of RhB, the stronger the competition is among RhB molecules for
active substances, which slows down the reaction rate of the CM/g-C3N4/PMS system.
Considering environmental protection and the concentration of RhB in real life, 0.30 mg/L
CM/g-C3N4 and 1.0 mM PMS were suitable for 10.0 mg/L RhB degradation.

The k value of the system (0.30 mg/L CM/g-C3N4, 1.0 mM PMS, 10.0 mg/L RhB,
k = 1.1703 min−1) was much higher than those of other reaction systems under the optimal con-
ditions, such as the Fe3O4/Co3S4/PMS/RhB system (0.302 min−1), 5%-T/LDOs/PMS/RhB
system (0.4537 min−1), Co-G/PMS/RhB system (0.9438 min−1) and Co1+xFe2-xO4 /PMS/RhB
system (0.260 min−1) (Table S2). It indicated that CM/g-C3N4 can efficiently and rapidly
activate PMS to degrade RhB. The mineralization efficiency of RhB in the CM/g-C3N4/PMS
system reached 43.43% within 5 min and slightly increased (48.93%) in 30 min (Figure S3).
It is probable that RhB was decomposed into small molecule intermediates that can un-
dergo sufficient degradation on the surface of CM/g-C3N4, then stabilizing the TOC value of
the system.

3.4.2. pH

The effects of initial pH (3.0–11.0) on the RhB degradation were investigated under the
optimal conditions of 0.30 g/L CM/g-C3N4, 1.0 mM PMS and 10.0 mg/L RhB. As shown
in Figure S4, the removal of RhB was inhibited under the strong acid (pH = 3.0), weak acid
(pH = 5.0) and strong alkaline (pH = 11.0) conditions, with the removal efficiency falling
below 40.00% within 6 min. The reason was possible in that PMS was mainly presented in
the form of H2SO5 (SO5

2−) under the acid (strong alkaline) condition [57]. These two forms
were not activated by the catalyst to produce active substances for pollutant degradation.
Under the neutral (pH = 7.0) and weak alkaline (pH = 9.0) conditions, over 99.00% of RhB
was removed in 6 min. This means that the CM/g-C3N4/PMS system has good potential
for RhB degradation in practical applications because of the neutral or weakly alkaline pH
of most actual wastewater.

3.5. Possible Activation Mechanisms of PMS

Quenching experiments were utilized to investigate the reactive oxygen species (ROS)
produced in the CM/g-C3N4/PMS system. Figure 6a,b show that the introduction of MeOH
(a scavenger for SO4

•− and •OH) and IPA (a scavenger for •OH) inhibited the removal of
RhB. The removal of RhB dropped from 99.88 to 60.50% (MeOH, 300.0 mM) and 82.08%
(IPA, 300.0 mM), respectively. Furthermore, the removal efficiency of RhB respectively
decreased from 99.88 to 85.78 and 18.14% by adding p-BQ (10.0 mM, O2

•− scavenger) and
L-histidine (10.0 mM, 1O2 scavenger) into the system (Figure 6c,d). EPR was carried out to
verify ROS in the oxidation reactions. As shown in Figure 7a,b, typical signals of DMPO-
OH and DMPO-O2

− were respectively observed in the CM/g-C3N4/PMS/DMPO and
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CM/g-C3N4/PMS/DMPO/MeOH systems [40]. However, the DMPO-SO4
− signal could

not be detected in the CM/g-C3N4/PMS/DMPO system. It may be because of the low
sensitivity and short life of DMPO-SO4

− signal [39,40,58], but the result of the quenching
experiment had shown that SO4

•− existed in the reaction system. A typical TEMP-1O2
triplet signal peak with strong intensity was detected in the CM/g-C3N4/PMS/TEMP
system (Figure 7c), showing the existence of 1O2 [59]. All these results indicated that SO4

•−,
•OH, O2

•− and 1O2 were generated in the CM/g-C3N4/PMS system, and both SO4
•− and

1O2 were the predominant ROS responsible for the removal of RhB.
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of catalyst surfaces [64–66], thus impacting the PMS activation. Therefore, H2PO4− was in-
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tion demonstrated that the rate of consuming –OH was slower than that of producing –
OH. This is mainly because of the constant formation of –OH by adsorbed oxygen. For 
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Figure 7. EPR spectra of SO4
•− and •OH (a), O2

•− (b) and 1O2 (c) in the CM/g-C3N4/PMS
system. Reaction conditions: [PMS] = 1.0 mM, [CM/g-C3N4] = 0.30 g/L, [RhB] = 10.0 mg/L,
DMPO/TEMP = 0.10 M, 25 ◦C.

In order to clarify the surface components of CM/g-C3N4 before and after the reaction,
XPS analysis was performed, and the atomic area ratios of different components were
shown in Table S3. The full spectrum shows that CM/g-C3N4 contained C, O, N, Cu and
Mg elements, and there was little difference in its spectrum before and after the reaction
(Figure 8a), showing the stability of CM/g-C3N4. The C1s spectrum showed three peaks
at 284.8 (C−C), 286.47 (C−O) and 288.72 ev (C=O) (Figure S6a,b). The atomic area ratios
of C−C, C−O and C=O before (after) the reaction were 79.00 (77.42%), 11.68 (10.4%) and
9.32% (12.18%), respectively (Table S3). The result indicates that C−O may participate in
the activation process of PMS. For O1s’ spectrum, three binding energy peaks at 529.91,
531.93 and 532.84 ev could be classified as lattice oxygen (O2−), hydroxyl groups (−OH)
and adsorbed oxygen [60,61], with atomic area ratios of 9.58, 43.27 and 41.99%, respectively
(Figure 8b, Table S3). After the reaction, the atomic area ratios of O2− and−OH increased to
25.14 and 45.79%, with adsorbed oxygen being reduced to 13.78% (Figure 8c, Table S3). The
result demonstrates that adsorbed oxygen was important for PMS activation. Adsorbed
oxygen can promote the formation of −OH on the surface of the catalyst and facilitate the
activation of PMS [62,63]. Previous studies have shown that −OH is an important reaction
site for PMS activation, and H2PO4

− has a strong chelating influence on the –OH of catalyst
surfaces [64–66], thus impacting the PMS activation. Therefore, H2PO4

− was introduced
into the CM/g-C3N4/PMS system to investigate the role of −OH. As shown in Figure S7,
the RhB removal was inhibited at the H2PO4

− concentration of 1.0–8.0 mM at 4 min. This
indicated that –OH on the CM/g-C3N4 surface was an important reaction site for PMS
activation. Hence, the adsorbed oxygen on the surface of CM/g-C3N4 can provide more
reaction sites for activating PMS. The higher atomic area ratio of –OH after the reaction
demonstrated that the rate of consuming –OH was slower than that of producing –OH. This
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is mainly because of the constant formation of –OH by adsorbed oxygen. For N1s’ spectrum,
two peaks with the binding energy of 398.7 and 400.6 eV were related to sp2 hybridized
N atoms (C=N−C) and N(C)3 groups (C−N), respectively (Figure 8d,e) [45]. The atomic
area ratio of C=N−C groups decreased from 86.45 to 40.03%, and that of C−N groups
increased from 13.55 to 59.97% (Table S1). This shows that the g-C3N4 of CM/g-C3N4 has
an important contribution to PMS activation, and the conversion of copper species on the
surface of g-C3N4 may occur [63]. For the Cu2p spectrum, the binding peaks located at
933.12 and 934.41 ev could be respectively ascribed to Cu+ and Cu2+ [40,62], with atomic
area ratios of 42.59 and 57.41% (Figure 8f, Table S1). After the reaction, the atomic area
ratios of Cu+ and Cu2+ were 51.14 and 48.86% respectively (Figure 8g, Table S1), indicating
that the conversion between Cu+ and Cu2+ were a major factor in activating PMS. For Mg1s’
spectrum, the binding energy peak before and after the reaction was at 1304.59 ± 0.5 eV
(Figure S6c,d). It is a typical MgO peak.

Based on the above analyses, the possible activation mechanism of PMS by CM/g-C3N4
could be sufficiently expressed by Equations (3)–(17) (Scheme 1). They show the redox cycle
of Cu2+/Cu+-activated PMS to produce SO4

•−, OH− and SO5
•− (Equations (3) and (4)). The

results of FTIR and XPS analyses had shown that the interaction between MgO and g-C3N4
and the adsorbed oxygen on the surface of CM/g-C3N4 would enhance the production of
–OH, which promoted the formation of Cu−OH complexes. PMS could react with these
substances to form SO4

•− and SO5
•− (Equations (5) and (6)) [67]. The results of RhB removed

by the g-C3N4/PMS system and XPS analysis had indicated that g-C3N4 was not only a
supporter but also participated in the PMS activation. The electron-rich structure of g-C3N4
could provide electrons to promote the reduction of PMS. Moreover, PMS could act as an
electron donor due to the presence of O−O bonds and the C atoms adjacent to the N atoms
in g-C3N4 could act as the electron acceptors (Equations (7) and (8)) [68]. The generated
SO4

•− reacted with water molecules or OH− to produce •OH (Equation (9)). In the oxidation
system, PMS would be hydrolyzed to produce O2

•− [40]. Furthermore, as mentioned earlier,
dissolved oxygen also contributed to O2

•− generation (Equations (10) and (12)). The generated
O2
•− could consume PMS to accelerate the production of SO4

•− for improving the oxidation
performance of system (Equation (13)). The self-reaction of SO5

•− generated in the PMS
activation and the self-decomposition of PMS would produce 1O2 (Equations (14) and (15) [69].
Moreover, the reaction between O2

•− (SO5
•−) and water molecules would also generate 1O2

(Equations (16) and (17)) [70–72]. RhB was transformed into small molecule intermediates
and finally mineralized into H2O and CO2 under the action of SO4

•−, •OH, O2
•− and 1O2.

≡ Cu+ + HSO5− →≡ Cu2+ + SO4
•− + OH− (3)

≡ Cu+ + HSO5− →≡ Cu2+ + SO4
•− + OH− (4)

≡ Cu+ −OH + HSO5− →≡ Cu2+ −OH + SO4
•− + OH− (5)

≡ Cu2+ −OH + HSO5− →≡ Cu+ −OH + SO5
•− + H+ (6)

HSO5− + g−C3N4 + e− → SO4
•− + OH− (7)

HSO5− + g−C3N4 → SO5
•− + H+ + e− (8)

SO4
•− + H2O/OH− → HSO4−/SO4

2− +• OH (9)

HSO5− → SO5
2− + H+ (10)

SO5
2− + H2O→ O2

•− + SO4
2− + H+ (11)

O2 + e− → O2
•− (12)

HSO5− + O2
•− → SO4

•− + O2 + OH− (13)

SO5
•− + SO5

•− → 2SO4
2− + 1O2 (14)

HSO5− + SO5
2− → HSO4− + SO4

2− + 1O2 (15)
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2O2
•− + 2H2O → 1O2 + H2O2 + 2OH− (16)

2SO5
•− + H2O → 2HSO4− + 1.51O2 (17)
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3.6. Degradation Pathway of RhB and Toxicity Estimation

The oxidation intermediates of RhB were detected by LC-MS analysis. Generally,
the degradation of RhB occurs through a series of reactions, including N-demethylation,
deamination, dealkylation, decarboxylation, chromophore cleavage, ring-opening and
mineralization [73–75]. The DFT calculation was used to analyze the molecular structure
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of RhB (Figure S8). The result indicated that C10 was vulnerable to being attacked by
active substances, and the atoms shown in Table S4 were also under attack. Depending on
the previous reports, the LC-MS analysis and the DFT calculation, nineteen intermediates
including isomers were identified during the reaction [75–84]. As shown in Figure 9,
the degradation pathway of RhB in the CM/g-C3N4/PMS system was proposed. First,
under the intense attack of various active species, RhB (m/z = 443) was transformed
into a series of intermediates (P1–P6) by N-demethylation and deamination. Then, P7
and P8 intermediates were produced by the decarboxylation and further oxidation of P6.
Moreover, the chromophores of intermediates (P1–P8) were cleaved to form the P9–P13
intermediates. By a ring-opening reaction, the P9–P13 intermediates further formed small
molecule products (P14–P19). Finally, RhB and its intermediates were mineralized into
CO2 and H2O. Many small intermediates of RhB were produced in the CM/g-C3N4/PMS
system, showing the good degradation capacity of this system.
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The toxicity estimation is important for predicting the damage of pollutants to the
environment and humans. Therefore, the toxicities of RhB and its intermediates were
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examined by assessing oral rat LD50 and bioaccumulation factors on the TEST. The results
are shown in the Figure 10. The predicted oral rat LD50 of RhB was 924.86 mg/kg. Except
for P5, P7 and P19, the oral rat LD50 of other intermediates decreased after the degradation
of RhB, indicating that the toxicities of intermediates were reduced. The predicted bioac-
cumulation factor was 15.48 in the RhB, and decreased significantly in the intermediates,
indicating the lower accumulation of intermediates in the organisms. In terms of oral rat
LD50 and bioaccumulation factors, the CM/g-C3N4/PMS system was able to sufficiently
reduce RhB toxicity by transforming it into a series of intermediates with lower toxicity.
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The results showed that the loss of copper and magnesium ions were 5.16 and 31.97 mg/L 
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3.7. Stability of the CM/g-C3N4

The stability and repeatability of a material is an important parameter to measure its
practical applications. Therefore, the CM/g-C3N4 was reused five times under the same
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conditions (0.30 g/L CM/g-C3N4, 1.0 mM PMS, 10.0 mg/L RhB). As shown in Figure S9,
the removal of RhB decreased from 99.88 to 99.30% after five cycles, showing the good
repeatability of CM/g-C3N4. This indicates that the CM/g-C3N4 was stable for long-term
running. The leaching concentrations of copper and magnesium ions were monitored by
ICP-OES. The results showed that the loss of copper and magnesium ions were 5.16 and
31.97 mg/L after the reaction, respectively. As a non-toxic metal, magnesium ions are
widely present in the water matrix with a concentration of about 0.0–130.0 mg/L. Unlike
transition metal ions, the leaching of magnesium ions would not cause secondary pollution.
In addition, the copper ion leaching concentration of CM/g-C3N4 was lower than those
of other copper-based heterogeneous catalysts (Cu2FeSnS4 (16.70 mg/L), such as Cu2S
(131.60 mg/L) [85]). All the above results show that the eco-friendly and stable CM/g-C3N4
system has great application potential in the field of environmental remediation.

3.8. Practical Application of the CM/g-C3N4/PMS System

The CM/g-C3N4/PMS system could degrade other pollutants, such as CR, MB and
TC (Figure 11a). The removal of CR, MB and TC were all over 73.00%, indicating that
the CM/g-C3N4/PMS system can oxidize various contaminants. Figure 11b reveals that
RhB could be degraded in the tap water and the wastewater in 10 min, indicating that
the CM/g-C3N4/PMS system can efficiently remove RhB in the actual environment. All
these results indicate that the CM/g-C3N4 system has the practical application potential
for pollutant degradation.
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Figure 11. Degradation of different pollutants in the CM/g-C3N4/PMS system (a) and RhB removal
in different water matrixes (b). Reaction conditions: [PMS] = 1.0 mM, [CM/g-C3N4] = 0.30 g/L,
[RhB/CR/MB/TC] = 10.0 mg/L, 25 ◦C.

4. Conclusions

CM/g-C3N4 was synthesized and initially used as a heterogeneous catalyst to activate
PMS for the degradation of RhB. Owing to the splendid structure and abundant reaction
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sites, CM/g-C3N4 exhibited much a better catalytic performance than CuO, CM, g-C3N4,
M/g-C3N4 and C/g-C3N4. Under the low usage reaction conditions, RhB could be rapidly
degraded at a natural pH in 5 min. PMS was activated by the copper and g-C3N4 in
CM/g-C3N4, with SO4

•− and 1O2 as the main active substances for the removal of RhB.
CM/g-C3N4 showed good stability and reusability. This work enriches the family of
copper-based heterogeneous catalysts used in the PMS activation, and provides a guiding
role of enhancing the catalytic performance of copper oxide. The copper-based catalyst
with a higher specific surface area, used for industrial applications, should be considered
in the future work.
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Abstract: Photocatalysis is an effective advanced oxidation process to mineralize recalcitrant contam-
inants in aqueous media. TiO2 is the most used photocatalyst in this type of process. To improve
the deficiencies of this material, one of the most used strategies has been to dope TiO2 with metallic
ions. Chemical reagents are often used as dopant precursors. However, due to the depletion of
natural resources, in this work it was proposed to substitute chemical reagents and instead use a
metallic residue (door key) as a doping precursor. The materials were synthesized using the sol–gel
method and calcined at 400 ◦C to obtain the crystal structure of anatase. The characterization of the
materials was carried out using X-ray diffraction (XRD), transmission electron microscopy (TEM),
diffuse reflectance spectroscopy (DRS), scanning electron microscopy–energy-dispersive X-ray analy-
sis (SEM-EDX) methods X-ray photoelectron spectroscopy (XPS), and inductively coupled plasma
optical emission spectroscopy (ICP-OES). The results obtained indicate that Cu+/Cu2+ and Zn2+

ions coexist in the support, which modifies the physicochemical properties of TiO2 and improves its
photocatalytic efficiency. The synergistic effect of the dopants in TiO2 allowed the mineralization of
diclofenac in an aqueous medium when T-DK (1.0) was used as photocatalyst and simulated solar
radiation as an activation source.

Keywords: emerging contaminant; photocatalysis; TiO2 doped; discarded metal waste; sol–gel

1. Introduction

Heterogeneous photocatalysis is an advanced oxidation process that has proven to be
effective for the mineralization of recalcitrant contaminants in an aqueous medium. The
most efficient photocatalyst for the photocatalytic process is TiO2 since it has optical, struc-
tural, and organoleptic properties, making it efficient in the mineralization of contaminants
in an aqueous medium. However, this semiconductor has the disadvantage of having an
Eg 3.2 eV, which means that it cannot be activated with UV light, so it absorbs only 5% of
solar radiation [1–3]. This restricts the use of solar radiation as an activation source.

Various strategies have been developed to improve the spectral response in the visible
region of photocatalytic oxides. One of the most widely used strategies has been to alter
the physicochemical properties of oxide by incorporating metallic ions into its crystalline
structure [4,5]. It has been shown that metal doping of TiO2 causes the formation of
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new energy levels below the conduction band and delays the rapid recombination of
electron–hole pairs, which increases the photocatalytic activity of this semiconductor [6,7].

To synthesize TiO2 doped materials, transition metal salts are used. However, based
on analysis by the World Metal Reserve, production from a mine has a shorter timescale
than mineral deposit formation, suggesting that known primary metal supplies will be
depleted. Importantly, the risk of contamination by heavy metals is higher since they
are not chemically or biologically degradable. Once disposed of, they can remain in
the environment for hundreds of years and cause environmental damage. It has been
shown that the discharged metals are easily transported through groundwater, causing
contamination of soil and rivers [8], as well as the degradation and death of vegetation,
animals, and even direct damage to humans [9,10]. Therefore, in our research group, we
are convinced that the recycling of metals that we use in our daily lives helps conserve
the natural riches of the environment and favors the reduction of environmental pollution.
Among metal scrap, door keys are among the most common forms of consumer waste.
The door key used as a doping precursor was taken from a metal scrap yard; hence, it had
advanced metal wear. Due to this, its origin of manufacture is unknown. However, it is
known that most door keys are alloys of steel or brass.

Among the metals that compose these alloys, nickel, copper, and zinc are chemical
elements widely used to dope TiO2 nanoparticles [11–13]. Such is the case of a study
carried out by Raguram, T. et al. [11], who synthesized TiO2-Ni nanoparticles using the
sol–gel method. The results reported by the researchers indicate that the doping of Ni2+

in TiO2 benefited the absorption of visible light, reaching a maximum of 61.04% in the
degradation of the methylene blue dye in an aqueous medium. On the other hand, Hem-
raj, Y. et al. [12] synthesized TiO2 nanoparticles doped with different Cu2+ contents (0 to
3.0% mol) using the sol–gel method for semiconductor synthesis. The results show that the
TiO2-Cu nanoparticle (3.0%) has a photocatalytic efficiency superior to pure TiO2. They
mentioned that the improvement in the photocatalytic performance for the photodegrada-
tion of methyl orange was due to the redshift of the bandgap energy (Eg) and the decrease
in the recombination rate of the electron–hole pair of TiO2-Cu nanoparticles. In general, it
has been mentioned that noble metals such as Ni and Cu are good candidates to act as traps
for photogenerated electrons because the Fermi level of these ions is lower than that of TiO2.
Regarding Zn use in TiO2 doping, Shao, M. et al. [13] concluded that adding Zn to TiO2
reduces Eg and increases optical absorption in the visible region, reaching a maximum rate
of 88.14% in degradation of tetracycline. In addition to the above, many researchers have
focused on multi-doping metals (bimetallic or trimetallic) over the last few years. They
mention that the second metal can alter the electronic properties and the formation of active
surface structures, increasing the photocatalytic activity of TiO2 concerning monometallic
doping [14–17]. The previous work provides evidence of the feasibility of using transition
metals as monometallic or bimetallic dopants in TiO2 nanoparticles using chemical reagents
as doping precursors. However, we did not find any scientific report investigating the use
of door-key waste for TiO2 multidoping. As an additional motivation, it is important to
mention that innovative strategies are currently being developed to increase the efficiency
of contaminant removal and transformation [18–22]. In this context, an innovative synthesis
route was designed to obtain TiO2 doped with metallic ions, where the use of chemical
reagents is avoided, and it was proposed to use a metallic residue (door key) as a doping
precursor to improving the photocatalytic efficiency of TiO2 in the mineralization of an
emerging contaminant.

2. Materials and Methods
2.1. Chemicals and Reagents

To synthesize TiO2, reagent grade chemicals were used without further purification.
Titanium (IV) butoxide (97%), 1-butanol anhydrous (99.8%), and nitric acid (≥65%) were
purchased from Sigma-Aldrich. Deionized water was used for the hydrolysis step during
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the sol–gel synthesis process. A door key recovered from a metal scrapyard was used as a
doping precursor.

2.2. Synthesis of Photocatalysts

To analyze the effect of metal ions that make up the door key on the photocatalytic
activity of TiO2, 3 samples were prepared with different percentages of metallic waste (0,
0.5, and 1.0 wt.%). The materials nomenclature is defined as T, T-DK (0.5), and T-DL (1.0)
as well as the abbreviation T (TiO2) + the metal residue percentage number (DK).

The synthesis of the photocatalysts was carried out using a non-traditional sol–gel
synthesis route. The waste door key (0.5 or 1.0 wt.%) for the TiO2 doping was dissolved
at room temperature in 1.5 mL of HNO3. Solution A. To synthesize TiO2, doped titanium
(IV) butoxide and anhydrous 1-butanol were mixed. Solution B. After stirring for 30 min at
room temperature, solution A was added drop by drop to solution B, continuing to stir for
30 min. To begin the hydrolysis reaction in the A–B mixture, 10 mL of deionized H2O was
added per drop. The gel obtained was aged at ambient temperature for 24 h. Xerogel was
subsequently obtained by filtering the gel with a vacuum pump to remove the solvents and
then drying for 12 h at 60 ◦C. Finally, the xerogel was heat-treated at 400 ◦C for 4 h using a
4 ◦C min−1 heating ramp with a static air atmosphere. Pure TiO2 was synthesized using a
similar methodology as described earlier for comparison purposes. The only difference is
that for pure TiO2 synthesis, solution A had no metallic ions.

2.3. Characterization of Photocatalysts

The surface area of the photocatalysts was determined using the BET method. Their
N2 adsorption–desorption isotherms were obtained at−196 ◦C using Asap 2020 equipment
after degassing samples at 250 ◦C for 12 h in a high vacuum.

The crystalline phase for each sample was determined using a Siemens D500 X-ray
diffractometer (XRD) with Cu Kα radiation (λ = 0.15418 nm). The diffraction patterns were
obtained within the range of 10 to 80◦ at an acquisition rate of 0.02 s−1 and 1 s per point.
The average crystal size was calculated using the Scherrer equation.

Φ =
Kλ

β cos θ
(1)

where Φ is the size of the crystal, K (0.91) is the form factor, λ is the wavelength of the
X-rays, β is the width at half height (FWHM) of the main intensity peak, and θ is the
Bragg angle.

The optical properties of the materials were obtained with diffuse reflection spec-
troscopy (DRS) using a Perkin-Elmer UV-Vis spectrophotometer with an integrating sphere.
Absorption spectra were recorded in the range from 300 to 800 nm. A barium sulfate plate
(BaSO4) was used as a reference. Based on the absorption spectra, the bandgap energies of
the photocatalysts were determined using the Kubelka–Munk theory and Tauc plot [23].

The morphological characterization of composites was conducted with transmission
electron microscopy (HRTEM) using a JEOEL electronic microscope model JEM2100.

The semi-quantitative elementary composition of the materials was determined with
energy-dispersive X-ray spectroscopy (EDX) using an electron scanning microscope with
Rontec Xflash detector model Hitachi S-4700 Type IIc. In addition, the chemical composi-
tion of the catalysts was determined using inductively coupled plasma optical emission
spectroscopy (ICP-OES) Varian 725-ES, after acidic digestion (Nitric Acid) of the materials.

The XPS spectra were obtained using X-ray photoelectron spectroscopy (XPS) with
Thermo Scientific apparatus equipped with a non-monochromated Mg anode as an X-ray
source operated at 12 kV under vacuum (2 × 10−7 mbar). The binding energies were
calibrated at 284.6 eV with respect to the C1s peak of the carbon samples. The XPS
spectrums were deconvoluted using the PeakFit software. The peaks were fitted to a linear
background and a combination of Gaussian/Lorentzian functions.
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2.4. Evaluation of Photocatalytic Activity

Diclofenac was used as a contaminant to evaluate the photocatalytic activity of photo-
catalysts. The photocatalytic degradation of 10 ppm of diclofenac (Sigma-Aldrich, Burling-
ton, MA, USA, ≥98.5%) was carried out in a glass reactor with a volume of 0.5 L and
photocatalyst load of 1.0 gL−1. The reactor was placed in a SUNTEST XLS+ solar simulator,
equipped with a xenon arc lamp model XL-S-750 and a 320 nm cut-off filter. During the
experiments, the temperature of the reaction system was maintained in the range of 25 to
35 ◦C. The suspension was stirred in the dark for 30 min while the air was bubbled into
the system. The light was then turned on, and simultaneously the system continued to
be supplied with air. To monitor the mineralization of diclofenac, samples were collected
from the reactor every 30 min to up 180 min. Photolysis experiments were also carried
out for comparative purposes. The progression of the mineralization of the contaminant
was followed by the measurement of total organic carbon using a Shimadzu TOC-VSCH
analyzer. The following equation determined the mineralization of diclofenac:

%TOC =
TOC0 − TOC f

TOC0
× 100 (2)

where TOC0 is the mineralization at time zero and TOCf is the final mineralization at
each instant.

3. Results
3.1. Sample Characterization
3.1.1. XRD

The XRD patterns for pure and doped samples are illustrated in Figure 1. In all
diffractograms, peaks are observed at angles 25.33, 37.8, 48.06, 53.9, and 55.08, characteristic
of TiO2-anatase (JCPDS card no. 21-1272). The crystalline phase obtained corresponds
to that reported by other investigators. Other studies mention that the crystalline phase
of anatase occurs when heat treatment varies between 200 and 500 ◦C. It was said that
the amount and physicochemical properties (high ionic radii and electronic status) of the
doping metal can influence the rate of transformation of anatase to the rutile phase [24,25].
Such is the case of a study conducted by Hampel et al. [25]; they observed that TiO2 doped
with 5 wt.% Cu ions, calcined at 450 ◦C, contained an anatase phase and a rutile phase
fraction, which increased with increasing Cu concentration from 5 to 10 wt.%. In our
case, the dopant concentration does not influence the anatase–rutile transition because the
maximum theoretical concentration of doping ions in TiO2 is less than 1 wt.%.
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It is convenient to have TiO2 nanoparticles with an anatase crystalline structure for this
research. There is evidence that other polymorphic forms of this material are less effective
in photocatalytic reactions. This is due to the higher adsorption capability of O2 on the
surface of the anatase phase than in the rutile phase. The adsorbed oxygen is reduced to
superoxide radicals (O2

•−) by photoexciting electrons from BV to BC, thus functioning as
an electron trap, inhibiting the recombination of e−/h+ pairs. This increases the half-life of
the redox reactions that benefit the formation of hydroxyl radicals (OH•) with sufficient
oxidation potential for the photocatalytic degradation of recalcitrant compounds. Along
with the above, the redox potential of BV in anatase is more negative, making it more
competitive than the rutile phase for oxidation reactions [26–28].

No characteristic peaks were associated with doping Cu, Zn, or Ni (metal oxide). It is
known that X-ray diffractometers are not sensitive to levels of impurities lower than 5%.
For this reason, the absence of characteristic peaks of the dopant ions can be attributed
to the fact that the percentages of door lock used during the synthesis of the doped TiO2
were less than 1 wt.%. Likewise, this also suggests that the doping ions could be highly
dispersed in the titania support.

For doped TiO2 nanoparticles, the maximum intensity of the anatase phase crystalline
plane (101) decreases. This indicates that the crystallization of TiO2 anatase is restricted
due to the increase in the content of the dopant (0.5 to 1.0 wt.%). As shown in Table 1,
the increase in the doping content leads to an average particle size smaller than the pure
material. The decrease in crystalline nature has been reported by other authors who used
Cu and Zn salts as doping precursors. They mentioned that a mechanism of fixation of
doping ions at the grain boundary inhibits anatase nanoparticle growth [29–31].

Table 1. Material characterization results of TiO2 and doped-TiO2.

Catalyst
Cu

wt.%
Zn

wt.%

Average
Particle

Size (nm)
Eg

(eV)

Sol. A 1 EDX ICP-OES Sol. A 1 EDX ICP-OES DRX SEM

T nd nd nd nd nd nd 19.50 21 3.23

T-DK (0.5)
0.21 0.19 0.23 0.13 0.12 0.11

15.7 16 2.90±0.009 ±0.002 ±0.014 ±0.005 ±0.004 ±0.003

T-DK (1.0)
0.47 0.43 0.44 0.24 0.22 0.21

11.3 11 2.76±0.011 ±0.015 ±0.009 ±0.008 ±0.007 ±0.006
1 Sol. A: Solution resulting from the digestion of the dopant precursor.

3.1.2. HRTEM and Elemental Analysis

In the HRTEM micrographs in Figure 2, pure and doped TiO2 nanoparticles exhibit
spherical morphology. After doping, it is also observed that the average crystal size
decreases compared to pure TiO2. This phenomenon has already been explained in the
XRD diffractogram discussion. Based on the histograms in Figure 2, for T and T-DK (1.0),
the average particle size was similar to those obtained with XRD.

Although it has been shown that the surface area is not decisive in the photocatalytic
process, as a result of particle size decrease, the specific surface area increased gradually
from 58.8 ± 0.8 m2g−1 for T, 76 ± 0.4 m2g−1 for T-DK (0.5), and 88.7 ± 0.5 m2g−1 for T-DK
(1.0). Increased dopants in TiO2 inhibit particle growth; consequently, the narrow pore size
distribution and the surface becomes larger [32].

From the HRTEM micrography in Figure 2, it is difficult to determine the presence of
doping ions. Nevertheless, the elementary EDS and ICP-OES analysis results, summarized
in Table 1, show that doped TiO2 nanoparticles contain Cu and Zn doping ions. According
to the EDS images in Figure 2, these dopants are homogeneously distributed over the
surface of the TiO2. The presence of Ni ions was not detected. As the dopant precursor was
obtained from a junkyard, it had advanced metal wear, so there was no longer any nickel
coating that this type of door key usually has. So, the absence of nickel in the elemental
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analysis performed by EDS and ICP-OES was an expected result. This means that only
copper and zinc were considered doping ions.
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Regarding the weight percentage of Cu and Zn in TiO2, EDS and ICP-OES (Table 1)
show differences between the theoretical weight percentage of Cu and Zn concerning the
real percentage. To explain this difference, elemental analysis by ICP-OES was performed
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on solution A (solution resulting from the digestion of the metal residue). The results show
that during the digestion carried out in an open system, part of the initial concentration
of the doping ions is lost (Table 1). The efficacy of the digestion method, among other
variables, will be investigated in future projects.

3.1.3. DRS

The optical properties of these materials were obtained using DRS. The absorption
spectra are shown in Figure 3. Bandgap values (Eg) are shown in Table 1. Pure TiO2 exhibits
strong absorption at 396 nm (3.23 eV), assigned to the charge transfer of the metal-ligand in
Ti4+(3d)-O2-(2p). For T-DK (0.5) and T-DK (1.0), the door key used as a dopant influenced
the optical properties of TiO2 since the optical absorption band decreased below 396 nm
with the increase in the percentage by weight of dopant ions. The T-DK (0.5) material
presented a bandgap of 2.90 eV, and the T-DK (1.0) material showed a bandgap of 2.76 eV.
It is known that the value of the bandgap of ZnO (Eg ≈ 3.2 eV) is similar to that of TiO2
(Eg ≈ 3.23 eV) [33], so zinc does not promote the decrease in Eg. The decrease is due to a
redistribution of the electric charge of TiO2 caused by copper ions in interstitial positions
or to copper oxides (Eg ≈ 2.5 eV) formed [34]. The obtained Eg values indicate that in
our materials, the valence electrons can be transferred to the conduction band using lower
energy (visible light) than that required to activate pure TiO2 (UV light).
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For T-DK (1.0), the absorption band at 600 nm suggests a 2B1g→2B2g characteristic
of octahedral coordination with tetragonal distortion around Cu2+ [34,35]. For low con-
centrations of copper, T-DK (0.5), no characteristic bands corresponding to metallic ion
species were observed. Likewise, no interfacial charge transfer bands were observed from
the valence band of TiO2 to the valence band of zinc oxides. This is probably due to the low
weight concentration of the dopant ions or their good dispersion on the titania surface.

3.1.4. X-ray Photoelectron Spectroscopy

The XPS spectra of T and T-DK (1.0) were obtained to determine the oxidation state
of the material components. The oxidation states in the O 1s, Cu2p, and Zn 2p regions
were obtained by deconvoluting their peaks. The PeakFit software version 4.1.2, AISN
Software Inc, was used to this effect. The correlation coefficients (r2) of the deconvoluted
peaks were higher than 0.99. The spectrum in Figure 4a shows bands at 458.5 and 464.1 eV,
characteristic of the binding energy of Ti 2p3/2 and Ti 2p1/2 in TiO2 [36]. The observed band
comprises two peaks in the O1s region of pure TiO2. One of these, located at 530.02 eV, is
assigned to ionic oxygen in the crystalline array (O-Ti4+). The small peak at 531.82 eV is
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related to adsorbed OH groups, chemisorbed O species, or oxygen vacancies [37]. These
same bands were observed in the Ti 2p (Figure 4c) and O 1s (Figure 4d) regions of the XPS
spectra obtained for T-DK (1.0). However, a shift in the binding energies of the Ti 2p and O
1s bands is observed for this material. It is known that the binding energy depends on the
oxidation state and the local chemical environment of titanium and oxygen [38,39]. Since
the electronegativity of Cu (1.9) and Zn (1.65) is greater than that of Ti (1.54), the electron
density around the oxygen ions decreases, which causes an increase in the binding energy.
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To develop the above, the Cu 2p (Figure 4e) and Zn 2p (Figure 4f) XPS spectra from
the T-DL (1.0) photocatalyst were analyzed. In Figure 4e, the binding energies at ~933.78 eV
correspond to Cu+ from Cu2O, while the binding energies ~935.76 eV can be assigned to
Cu2+ in the form of CuO or Cu(OH)2 [25,39,40]. In the case of zinc ions, a typical peak of
Zn 2p3/2 is observed in Figure 4f. The deconvolution of this peak produced two peaks at
1021.3 and 1023.8 eV. The strongest peak located at 1021.3 eV is associated with Zn2+ ions
in the ZnO with an arrangement of wurtzite crystal. Peak at 1023.8 eV belongs to Zn2+ ions
in Zn(OH)2 [41–43].

The ionic radius of Ti4+, Cu2+/Cu+, and Zn2+ is 0.061, 0.73/0.77, and 0.74 Å, respec-
tively [44]. These data indicate a significant difference between the values of the ionic radii
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of the dopants with titanium. As a result, the substitution process of Ti ions by Cu2+/Cu+

and Zn2+ is limited by the difference between their ionic radii. According to the principles
of Hume-Rothery [45], lattice substitution between atoms can only happen if the difference
between them is less than 20%. Theoretical studies for copper ions argue that, for the
substitution of titanium ions in the crystalline structure, the maximum concentration of
copper should be 0.3% [39]. As a result, we can report that some copper and zinc ions
were aggregated as oxides on the surface of TiO2 nanoparticles, creating a heterojunction
between these semiconductor materials. Other doping ions held interstitial positions within
the crystalline network of the TiO2 anatase.

According to the results of the material characterization and the references used for
their discussion, the interaction between the support and the copper and zinc ions is similar
to that reported by other investigations in which the dopant precursor is a chemical reagent.

3.2. Photocatalytic Activity Measurement

To evaluate the photocatalytic activity of the synthesized materials, a solution of
diclofenac at a concentration of 10 ppm was used. Total organic carbon (TOC) values are
summarized in Table 2. All the materials showed photocatalytic activity in the degradation
of diclofenac (Figure 5a,b). Nevertheless, for doped materials, the increased content of
doping ions enhanced the photocatalytic activity of TiO2. The best activity was achieved
when T-DK (1.0) was used as a photocatalyst, obtaining up to 94% of mineralized diclofenac.
The values for the rate constants (Table 2 and Figure 5b) are consistent with what is seen in
Figure 5a. This means that with T-DK (1.0), the maximum mineralization is achieved, but
this transformation is also carried out in less time than with T and T-DK (0.5).

Figure 5. (a) Total organic carbon, (b) kinetic constants, (c) PL spectra of undoped and codoped TiO2.
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Table 2. Apparent first-order rate constants obtained for the diclofenac mineralization.

Catalyst Residual TOC
(%)

Kapp
(min−1)

t1/2
(min) R2

T 59 3.2 × 10−3 216.61 0.997
T-DK (0.5) 35 6.1 × 10−3 113.63 0.993
T-DK (1.0) 6 1.23 × 10−2 56.35 0.990

The correlation of material characterization results with photocatalytic test results
suggests that the increase in photocatalytic activity is due to two factors:

i. First, the doping ions induced the reduction of Eg in TiO2 (see Table 1). The decrease
in the value of Eg for T-DK (0.5) and T-DK (1.0) indicates that these materials can
be activated with visible light radiation. This means solar light absorption is more
efficient in doped TiO2 than pure TiO2 [46]. This increases the efficiency of generating
electron–hole pairs that initiate redox reactions that directly or indirectly produce the
hydroxyl radicals that cause the pollutant to be mineralized. Due to the many possible
reaction mechanisms during the diclofenac mineralization process, those considered
the main ones in the photocatalytic mechanism are given below [24].

Catalyst + hv(Sunlight) → Catalyst
(
e−CB + h+VB

)

h+ + H2O → HO• + H+

h+ + OH− → HO•

Hydroxyl radical attack:

DCF + HO• → Degradation products

Oxidation by the positive hole:

DCF + h+ → Oxidation products

ii. Second, the synergistic effect of the dopant species inhibited the recombination of
the e−/h+ pairs. This information was obtained by analyzing the charge carrier
recombination of each synthesized material. In the emission spectra in Figure 5c, pure
TiO2 obtained the higher intensity emission spectra, meaning rapid recombination of
the electron–hole pairs. Contrary to TiO2, the intensity of the emission spectra was
lower when the percentage by weight of the doping ions increased, which suggests
a low recombination rate for the electron–hole pairs photogenerated in T-DK (0.5)
and T-DK (1.0). According to the results obtained using XPS, in doped TiO2 Cu2+

and Zn2+ ions in interstitial positions and oxides of the doping ions coexist. The low
recombination of photogenerated charge carriers at T-DK (0.5) and T-DK (1.0) can be
understood due to the positions of the band edges of the oxides in the heterojunction.
The measured conduction band (CB) potential values of TiO2 and CuO are –0.35 and
+0.12 V (vs. SCE), respectively. The valence band of TiO2 is lower than ZnO by about
0.36 V (vs. NHE), and this is superior to CuO by approximately 0.20 V (vs. SHE). The
relative position difference of the energy band of CuO and ZnO charge transfer occurs
between them and TiO2. Thus, an electron photogenerated in TiO2 is transferred from
the conduction band of this semiconductor to ZnO and CuO, acting as an electron trap
to inhibit their recombination. Concurrent with the above, hole transfer can arise from
the valence band (VB) of TiO2 to the VB of ZnO and CuO [43,44,47,48]. Therefore, in
addition to the decrease in Eg, the coupled effect between energy bands of TiO2, CuO,
and ZnO was an essential factor to suppress the recombination of the electron–hole
pairs, improving the photocatalytic activity of doped TiO2.
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An important characteristic of photocatalysts is their chemical stability after several
recycling cycles. Therefore, the reuse of T-DK (1.0) was evaluated during five consecutive
reuse cycles. The percentage results in Figure 6a show that during the five cycles of reuse,
the mineralization efficiency of diclofenac was in the range of 92.5 to 95%, with a standard
deviation of ±1.48. Consequently, no significant change in the mineralization efficiency
of diclofenac was observed. The stability in the photocatalytic activity is because the
concentration of the dopant ions (Figure 6a) and the crystal structure of the TiO2-anatase
(Figure 6b) does not change before or after the reuse cycles. A similar effect occurs for
the photocatalyst morphology determined by SEM in Figure 6c,d. This means that the
photocatalyst T-DK (1.0) has a high activity and stability during the five cycles of diclofenac
photocatalytic mineralization.
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4. Conclusions

This work shows that incorporating Cu and Zn ions into TiO2 is possible when a
door key is used as a doping precursor. Material characterization showed that these ions
were integrated into the support as Cu+/Cu2+ and Zn2+, occupying interstitial positions or
forming heterojunctions between copper and zinc oxides with titania. The modification
with both ions had a dual effect dependent on the concentration of the doping metals. First,
an inverse correlation was observed between the concentration of doping ions and the Eg.
This resulted in greater light absorption within the visible range. Second, it was shown that
the impurities in TiO2 acted as an electron trap, so the recombination of the e-/h+ pairs was
lower for T-DK (1.0) than for TiO2. Therefore, the photocatalytic activity of the synthesized
materials occurred in the following order: T < T-DK (0.5) < T-DK (1.0).

The results obtained in this work confirm previous state-of-the-art findings: Doping
TiO2 with Cu and Zn ions or other metal ions is an efficient strategy to improve the photo-
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catalytic activity of titania. As an additional contribution, it is possible to use discarded
door keys as a doping precursor to improving the photocatalytic activity of TiO2. Finally,
these results open the door for future research. Other variables can be considered: method
of digestion of the metal residue, method of synthesis of materials, pH of synthesis, and
calcination temperatures, among other variables. These variables were not considered in
this first study, as the main objective was to investigate the feasibility of using door keys as
doping precursors.
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Abstract: Emerging organic pollutants (EOPs), including endocrine disrupting compounds (EDCs),
pharmaceuticals and personal care products (PPCPs), and persistent organic pollutants (POPs),
constitute a problem in the environmental field as they are difficult to completely degrade by
conventional treatment methods. Non-thermal plasma technology is a novel advanced oxidation
process, which combines the effects of free radical oxidation, ozone oxidation, ultraviolet radiation,
shockwave, etc. This paper summarized and discussed the research progress of non-thermal plasma
remediation of EOPs-contaminated water and soil. In addition, the reactive species in the process
of non-thermal plasma degradation of EOPs were summarized, and the degradation pathways and
degradation mechanisms of EOPs were evaluated of selected EOPs for different study cases. At the
same time, the effect of non-thermal plasma in synergy with other techniques on the degradation of
EOPs in the environment was evaluated. Finally, the bottleneck problems of non-thermal plasma
technology are summarized, and some suggestions for the future development of non-thermal plasma
technology in the environmental remediation were presented. This review contributes to our better
understanding of non-thermal plasma technology for remediation of EOPs-contaminated water and
soil, hoping to provide reference for relevant practitioners.

Keywords: advanced oxidation processes; discharge plasma; reactive species; environmental remedi-
ation; combination system; degradation mechanism

1. Introduction

Over the past few decades, increasing industrial, agricultural, and human activities
have promoted the use of chemicals [1,2]. In addition, the development of human society
and the wrong understanding of personal safety have increased the chemical load in
water and soil environment. In many developing countries, untreated sewage is also used
for agricultural purposes, resulting in substandard or untreated wastewater that adds
many pollutants to the food chain [3,4]. Therefore, appropriate technologies are needed
to eliminate pollutants in water and soil environment for the sake of protection for both
human health and the environment.

Emerging organic pollutants (EOPs) are a kind of organic pollutants which have no
environmental monitoring standards or emission standards and have negative effects on
ecology and human health [5]. EOPs include endocrine disrupting compounds (EDCs),
pharmaceutical and personal care products (PPCPs), and persistent organic pollutants
(POPs) [6,7]. EOPs may be candidates for future regulation because of their potential
risks to the environment and human health, the continuous entry into the environment
and the fact that even the most modern wastewater treatment plants (WWTPs) cannot
completely convert/remove these compounds [8]. In recent years, with the improvement of
environmental analysis, these substances have been frequently detected in the environment,
such as sewage, surface water, drinking water [9], and soil [10]. The continuous detection
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of EOPs brings new challenges to environmental pollution control and makes the treatment
of EOPs become an international research hotspot.

Currently, there are many methods for organic pollutants degradation in water envi-
ronment: bioremediation [11,12], advanced oxidation processes (AOPs) [13–15], adsorption
process [16,17], membrane treatment [18,19], and combination process [20]. Compared
with water remediation, organic pollution in soil is so subtle that it is difficult to detect.
In addition, soil remediation tends to be costlier and takes longer to complete. There-
fore, it is urgent to develop effective and convenient remediation technology for organic
contaminated soil. At present, many methods have been developed for different organic
contaminated soils, including physical remediation (e.g., thermal desorption [21], soil vapor
extraction [22]), chemical remediation (e.g., soil washing [23], electrochemical remedia-
tion [24], chemical oxidation remediation [25]), and biological remediation (e.g., microbial
remediation [26], phytoremediation [27]). With the exception of AOPs, most of these tech-
nologies either transfer contaminants from one phase to another rather than complete
degradation and mineralization, or are not efficient when the concentration of organic
pollutants is at low levels. However, bioremediation often requires long treatment time
and it is difficult to reduce the pollution level below the standard.

Non-thermal plasma may be a viable alternative to more common AOPs due to its
comparable energy requirements for contaminant degradation and its ability to operate
without any additional chemicals [28]. Non-thermal plasma technology has been used as
a method to degrade EOPs, including EDCs [29,30] (e.g., pesticides, industrial chemicals,
steroids), PPCPs [31–34] (e.g., antibiotics, antidepressant, anti-inflammatories, antimicro-
bials, surfactants), and POPs [35,36] (e.g., polychlorinated biphenyls, polycyclic aromatic
hydrocarbons, organochlorine pesticides). In the review of Magureanu et al. [37], research
on the degradation of various pharmaceutical compounds by non-thermal plasma was
discussed, and the removal efficiency of target compounds and the energy yield of plasma
technology were compared and discussed. Russo et al. [38] summarized the research works
on the removal and mineralization of organic pollutants in water by the combination of
non-thermal plasma and catalyst. They concluded that the catalyst played an important role
in improving the performance of the plasma system. Zhang et al. [39] introduced several
typical non-thermal plasma sources for remediation of organic contaminated soil. The
effects of different important parameters (such as applied voltage, reactor configuration,
soil properties, type of feed air, and gas flow rate) on the remediation performance were
discussed. Guo et al. [40] supplemented the research on the mechanism and process of
repairing organic contaminated soil by discharge plasma on the basis of previous reviews.
Figure 1 shows bibliography data of papers related to non-thermal plasma technology for
the degradation of pollutants published in the last decade. As shown in Figure 1a, the num-
ber of published papers using non-thermal plasma as a means of pollutant degradation in
the last decade has always maintained high and is gradually increasing. Especially, PPCPs
and POPs have become hotspots in this field (as shown in Figure 1b).

During the past decade, a number of studies have reported the degradation of EOPs
in the environment by non-thermal plasma. At present, the review of non-thermal plasma
mainly focuses on water remediation [41–45], and a few reviews have also summarized its
application in soil remediation [39,40], but there is a lack of comprehensive review on water
and soil remediation. Therefore, this paper focuses on the degradation of different types
of EOPs (i.e., EDCs, PPCPs, and POPs) in water and soil environment by the non-thermal
plasma technology. Since the reactive species in the plasma system play an indispensable
role in the degradation of pollutants, the generation of reactive species in non-thermal
plasma is reviewed. In addition, this review also summarizes the research progress of
degradation pathways of different kinds of EOPs by non-thermal plasma. An important
part of this work is devoted to the combination of non-thermal plasma with various other
technologies to compensate for the shortcomings of plasmas alone. In this review, the
bottleneck problems of non-thermal plasma and the future prospects are also presented.

260



Water 2022, 14, 1351Water 2022, 14, x FOR PEER REVIEW 3 of 29 
 

 

 
Figure 1. Statistics of papers about non-thermal plasma technology as a method for the degradation 
of (a) pollutants and (b) EOPs (EDCs, PPCPs, and POPs) published in the last ten years (data ob-
tained from Web of Science). 

During the past decade, a number of studies have reported the degradation of EOPs 
in the environment by non-thermal plasma. At present, the review of non-thermal plasma 
mainly focuses on water remediation [41–45], and a few reviews have also summarized 
its application in soil remediation [39,40], but there is a lack of comprehensive review on 
water and soil remediation. Therefore, this paper focuses on the degradation of different 
types of EOPs (i.e., EDCs, PPCPs, and POPs) in water and soil environment by the non-
thermal plasma technology. Since the reactive species in the plasma system play an indis-
pensable role in the degradation of pollutants, the generation of reactive species in non-
thermal plasma is reviewed. In addition, this review also summarizes the research pro-
gress of degradation pathways of different kinds of EOPs by non-thermal plasma. An im-
portant part of this work is devoted to the combination of non-thermal plasma with vari-
ous other technologies to compensate for the shortcomings of plasmas alone. In this re-
view, the bottleneck problems of non-thermal plasma and the future prospects are also 
presented. 

2. Degradation of Emerging Organic Pollutants by Non-Thermal Plasma Technology 
Different kinds of EOPs may cause harm to human health and ecological environ-

ment; so, it is necessary to find appropriate methods to deal with EOPs. EDCs, also known 
as environmental hormones, can bind to hormone receptors in organisms and disrupt nor-
mal metabolism in the endocrine system [46]. Many researchers have reported their toxic 
effects on human health and the environment [47]. PPCPs are the most widely used chem-
ical reagents in animal husbandry, agriculture, and human daily life. However, they have 
the potential to cause serious ecotoxicological problems and pose a great threat to ecosys-
tems or organisms [48–50]. It is worth mentioning that antibiotics with a certain concen-
tration level in the environment for a long time may not only have toxic effects on some 
sensitive organisms, but also lead to the generation, maintenance, transfer and transmis-
sion of antibiotic-resistant bacteria (ARB), and antibiotic resistance genes (ARGs) under 
selective pressure [51]. Since the adoption of the “Stockholm Convention” by the United 
Nations Environment Program (UNEP) in 2001, awareness of the potential risks of POPs 
in the environment and the need to remove POPs from the environment have become 
more urgent. POPs are generally considered to have three basic physical and chemical 
properties: persistence, lipophilicity, and long-distance mobility. These properties enable 
them to perform bioamplification and bioaccumulation in animals and seriously harm the 

Figure 1. Statistics of papers about non-thermal plasma technology as a method for the degradation
of (a) pollutants and (b) EOPs (EDCs, PPCPs, and POPs) published in the last ten years (data obtained
from Web of Science).

2. Degradation of Emerging Organic Pollutants by Non-Thermal Plasma Technology

Different kinds of EOPs may cause harm to human health and ecological environment;
so, it is necessary to find appropriate methods to deal with EOPs. EDCs, also known
as environmental hormones, can bind to hormone receptors in organisms and disrupt
normal metabolism in the endocrine system [46]. Many researchers have reported their
toxic effects on human health and the environment [47]. PPCPs are the most widely used
chemical reagents in animal husbandry, agriculture, and human daily life. However, they
have the potential to cause serious ecotoxicological problems and pose a great threat to
ecosystems or organisms [48–50]. It is worth mentioning that antibiotics with a certain
concentration level in the environment for a long time may not only have toxic effects
on some sensitive organisms, but also lead to the generation, maintenance, transfer and
transmission of antibiotic-resistant bacteria (ARB), and antibiotic resistance genes (ARGs)
under selective pressure [51]. Since the adoption of the “Stockholm Convention” by the
United Nations Environment Program (UNEP) in 2001, awareness of the potential risks of
POPs in the environment and the need to remove POPs from the environment have become
more urgent. POPs are generally considered to have three basic physical and chemical
properties: persistence, lipophilicity, and long-distance mobility. These properties enable
them to perform bioamplification and bioaccumulation in animals and seriously harm
the health of humans and the natural environment. Therefore, it is imperative to develop
environmentally friendly removal methods. Faced with this environmental problem, many
researchers have focused on AOPs to eliminate EOPs that are resistant to conventional
treatment processes [52–54]. Non-thermal plasma may be a viable alternative to more
common AOPs due to its comparable energy requirements for contaminant degradation
and its ability to operate without any additional chemicals. The specific research results of
non-thermal plasma in water and soil remediation are introduced below.

2.1. Water Remediation

Researchers have paid extensive attention to the degradation of EOPs in recent years
and, in order to reduce the risk of EOPs in water environment, non-thermal plasma has
been a widely studied and applied technology. Summaries of some representative studies
are compiled in Table 1.
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Table 1. Overview of work done in the degradation of EOPs in water by non-thermal plasma.

EDCs

Target
Compounds

Non-Thermal
Plasma System Experimental Condition Results Ref.

17α-ethinylestradiol Corona discharge
plasma

Discharge voltage: 16 kV;
Frequency: 20 Hz;
Solution volume: 100 mL;
Initial concentration: 100 µg/L

Degradation efficiency: ~100%
(0.25 min);
Energy yield: 4.80 g/kWh

[55]

Bisphenol A Pulsed discharge
plasma

Discharge voltage: 20 kV;
Frequency: 50 Hz;
Air flow rate: 4.0 L/min;
Initial concentration: 20 mg/L

Degradation efficiency: 75.1%
(60 min);
TOC removal efficiency: 29.8%

[56]

Bisphenol A Dielectric barrier
discharge plasma

Discharge voltage: 5 kV;
Gas flow rate: 0.5 L/min;
Solution volume: 500 mL;
Initial concentration: 20 mg/L

Degradation efficiency: 67.8%
(60 min);
TOC removal efficiency: 34.2%

[57]

Bisphenol A Dielectric barrier
discharge plasma

Discharge voltage: 5 kV;
Gas flow rate: 0.5 L/min;
Solution volume: 500 mL;
Initial concentration: 20 mg/L

Degradation efficiency: 69.5%
(60 min);
Energy yield: 0.117 g/kWh

[58]

Bisphenol A Dielectric barrier
discharge plasma

Discharge voltage: 16.8 kV;
Discharge power: 412.5 W;
Solution volume: 500 mL;
Initial concentration: 50 mg/L;
Initial pH = 6

Degradation efficiency: 100%
(25 min);
Rate constant: 0.152 min−1

[59]

P-methylphenol Dielectric barrier
discharge plasma

Discharge voltage: 110 V;
O2 flow rate: 100 mL/min;
Liquid flow rate: 100 mL/min;
Solution volume: 400 mL;
Initial concentration:100 mg/L;
Initial pH: 6.1

Degradation efficiency: 49.13%
(8 min) [60]

Dichlorvos

Dielectric barrier
discharge plasma

Discharge voltage: 80 kV;
Solution volume: 20 mL;
Frequency: 50 Hz;
Initial concentration: 850 ppb

Degradation efficiency: 78.98%
(8 min);
Rate constant: 0.00303 s−1

[61]Malathion

Discharge voltage: 80 kV;
Solution volume: 20 mL;
Frequency: 50 Hz;
Initial concentration: 1320 ppb

Degradation efficiency: 69.62%
(8 min);
Rate constant: 0.00239 s−1

Endosulfan

Discharge voltage: 80 kV;
Solution volume: 20 mL;
Frequency: 50 Hz;
Initial concentration: 350 ppb

Degradation efficiency: 57.71%
(8 min);
Rate constant: 0.00192 s−1

Dimethyl phthalate Dielectric barrier
discharge plasma

Discharge voltage: 18 kV;
Air flow rate: 2.5 L/min;
Solution volume: 500 mL;
Initial concentration: 30 mg/L

Degradation efficiency: 61.4%
(30 min);
Rate constant: 0.029 min−1;
Energy yield: 0.29 g/kWh

[62]

4-chlorophenol Corona discharge
plasma

Discharge voltage: 20 kV;
Frequency: 100 Hz;
Flow rate: 200 mL/min;
Solution volume: 200 mL;
Initial concentration: 100 mg/L

Degradation efficiency: 86.2%
(40 min); [63]
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Table 1. Cont.

PPCPs

Target
Compounds

Non-Thermal
Plasma System Experimental Condition Results Ref.

Enrofloxacin Pulsed discharge
plasma

Discharge voltage: 20 kV;
Frequency: 50 Hz;
Air flow rate: 4 L/min;
Solution volume: 150 mL;
Initial concentration: 20 mg/L

Degradation efficiency: 76%
(60 min);
Energy yield: 18.7 mg/kJ

[64]

Tetracycline Surface discharge
plasma

Discharge voltage: 7 kV;
Frequency: 6 kHz;
Air flow rate: 1.0 L/min;
Solution volume: 900 mL;
Initial concentration: 40 mg/L

Degradation efficiency: 82.6%
(15 min);
Energy yield: 16.1 mg/kJ

[65]

Pefloxacin Dielectric barrier
discharge plasma

Discharge power: 0.7 W;
Frequency: 50 Hz;
O2 flow rate: 125 mL/min;
Solution volume: 100 mL;
Initial concentration: 120 mg/L

Degradation efficiency: 96.1%
(25 min);
Energy yield: 39.6 g/kWh

[66]

Oxytetracycline Dielectric barrier
discharge plasma

Discharge voltage: 4.8 kV;
Frequency: 10 kHz;
Air flow rate: 1.0 L/min;
Solution volume: 200 mL;
Initial concentration: 50 mg/L

Degradation efficiency: 88.2%
(20 min);
TOC removal efficiency: 36.7%;
COD removal efficiency: 21.2%;
Energy yield: 0.27 mg/kJ

[67]

Amoxicillin Dielectric barrier
discharge plasma

Discharge voltage: 15 kV;
Frequency: 50 Hz;
Initial concentration: 16 mg/L;
Initial pH: 4.5

Degradation efficiency: 75%
(18 min) [68]

Chloramphenicol Pulsed discharge
plasma

Discharge voltage: 19 kV;
Air flow rate: 4 L/min;
Solution volume: 150 mL;
Initial concentration: 20 mg/L;
Initial pH: 6.9

Degradation efficiency: ~45%
(60 min);
Energy yield: 10.77 mg/kWh

[69]

Tetracycline Dielectric barrier
discharge plasma

Discharge voltage: 7 kV;
Discharge power: 38.8 W;
Air flow rate: 2.0 L/min;
Solution volume: 450 mL;
Initial concentration: 50 mg/L;
Initial pH: 7.2

Degradation efficiency: ~52%
(5 min);
Energy yield: 3.79 g/kWh

[70]

Ofloxacin Pulsed discharge
plasma

Discharge voltage: 18 kV;
Solution volume: 150 mL;
Initial concentration: 20 mg/L

Degradation efficiency: 65.0%
(60 min);
Rate constant: 0.017 min−1

[71]

Oxytetracycline Pulsed discharge
plasma

Discharge voltage: 18 kV;
Air flow rate: 4 L/min;
Solution volume: 150 mL;
Initial concentration: 40 mg/L;
Initial pH: 3.2

Degradation efficiency: 59%
(60 min);
TOC removal efficiency: 23.8%

[72]

Acetaminophen Dielectric barrier
discharge plasma

Discharge voltage: 18 kV;
Air flow rate: 200 L/h;
Solution volume: 180 mL;
Initial concentration: 20 ppm

Degradation efficiency: 50%
(18 min) [73]
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Table 1. Cont.

PPCPs

Target
Compounds

Non-Thermal
Plasma System Experimental Condition Results Ref.

Diclofenac

Dielectric barrier
discharge plasma

Discharge power: 150 W;
Ar flow rate: 20 L/h;
Solution volume: 500 mL;
Initial concentration: 50 mg/L;
Initial pH: 5.6;

Degradation efficiency: 100%
(30 min)

[74]

Ibuprofen

Discharge power: 150 W;
Ar flow rate: 20 L/h;
Solution volume: 500 mL;
Initial concentration: 50 mg/L;
Initial pH: 5.7;

Degradation efficiency: 100%
(20 min)

Ibuprofen Corona discharge
plasma

Discharge voltage: 18 kV;
Discharge power: 2.1 W;
Frequency: 25 Hz;
Solution volume: 330 mL;
Initial concentration: 22.8 mg/L

Degradation efficiency: 100%
(20 min);
Energy yield: 20.2 g/kWh

[75]

Ibuprofen Dielectric barrier
discharge plasma

Discharge power: 70 W;
Air flow rate: 0.50 m3/h;
Initial concentration: 18 mg/L;
Initial pH: 6.72

Degradation efficiency: 95.6%
(5 min) [76]

Diclofenac Corona discharge
plasma

Discharge voltage: 80 kV;
Frequency: 20 Hz;
Solution volume: 300 mL;
Initial concentration: 0.5 mg/L

Degradation efficiency: >80%
(15 min) [77]

Amoxicillin

Dielectric barrier
discharge plasma

Discharge power: ~2 W;
O2 flow rate: 600 sccm;
Solution volume: 200 mL;
Initial concentration: 100 mg/L;
Initial pH: 8

Degradation efficiency: ~100%
(10 min)

[78]Oxacillin Degradation efficiency: ~100%
(30 min)

Ampicillin Degradation efficiency: ~100%
(30 min)

Diclofenac Pulsed corona
discharge plasma

Discharge voltage: 18 kV;
Frequency: 22 Hz;
O2 flow rate: 1 L/min;
Solution volume: 55 mL;
Initial concentration: 50 mg/L

Degradation efficiency: 100%
(15 min);
TOC removal efficiency: 50%
(30 min)

[79]

Enalapril Dielectric barrier
discharge plasma

Discharge voltage: 18 kV;
Discharge power: 2 W
Frequency: 50 Hz;
O2 flow rate: 600 sccm;
Solution volume: 300 mL;
Initial concentration: 50 mg/L

Degradation efficiency: ~90%
(15 min);
TOC removal efficiency: >40%
(120 min);
Energy yield: 4.33 g/kWh

[80]

Paracetamol Dielectric barrier
discharge plasma

Discharge voltage: 5.9 kV;
Frequency: 500 Hz;
Air flow rate: 100 sccm;
Solution volume: 40 mL;
Initial concentration: 25 mg/L

Degradation efficiency: 90%
(60 min);
Energy yield: 2.9 g/kWh

[81]

Verapamil Dielectric barrier
discharge plasma

Discharge voltage: 18 kV;
Frequency: 50 Hz;
N2:O2 = 80:20;
Gas flow rate: 30 mL/min;
Solution volume: 70 mL;
Initial concentration: 0.1 mM

Degradation efficiency: >99%
(40 min) [82]
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Table 1. Cont.

PPCPs

Target
Compounds

Non-Thermal
Plasma System Experimental Condition Results Ref.

Dimethyl phthalate Liquid phase plasma

Discharge voltage: 250 V;
Frequency: 30 kHz;
Solution volume: 600 mL;
Initial concentration: 20 ppm

Degradation efficiency: 63%
(180 min);
Rate constant: 0.00433 min−1

[83]

Caffeine Dielectric barrier
discharge plasma

Discharge power: 60 W;
Frequency: 10 kHz;
Solution volume: 20 mL;
Initial concentration: 100 µg/mL

Degradation efficiency: 72.6%
(4 min) [84]

Caffeine Dielectric barrier
discharge plasma

Discharge power: 75 W;
Solution volume: 100 mL;
Initial concentration: 50 mg/L

Degradation efficiency: 41%
(24 min);
TOC removal efficiency: >10%

[85]

Perfluorooctanoic
acid

Dielectric barrier
discharge plasma

Discharge voltage: 22 kV;
Solution volume: 250 mL;
Initial concentration: 20 mg/L

Degradation efficiency: 73.5%
(60 min);
TOC removal efficiency: 28.9%;
Energy yield: 46.39 mg/kWh

[86]

Diatrizoate Corona discharge
plasma

Discharge voltage: 11 kV;
Frequency: 3 kHz;
Solution volume: 7.5 mL;
Initial concentration: 200 µg/L

Degradation efficiency: 90%
(20 min);
Energy yield: 0.140 g/kWh

[87]

Pentoxifylline Dielectric barrier
discharge plasma

Discharge voltage: 12 kV;
Frequency: 120 Hz;
O2 flow rate: 600 sccm;
Solution volume: 200 mL;
Initial concentration: 100 mg/L;
Initial pH: 7

Degradation efficiency: 92.5%
(60 min);
Energy yield: 16 g/kWh

[88]

Carbamazepine Dielectric barrier
discharge plasma

Discharge voltage: 8 kV;
Frequency: 500 Hz;
Initial concentration: 0.219 µg/L

Degradation efficiency: 90% [28]

POPs

Target
Compounds

Non-Thermal
Plasma system Experimental Condition Results Ref.

3,3′,4,4′-
tetrachlorobiphenyl

Dielectric barrier
discharge plasma

Discharge voltage: 10 kV;
Feed gas: He;
Solution volume: 3 mL;
Initial concentration: 0.2 mM

Degradation efficiency: 80% (2
min) [89]

2,2′,4,4′-
tetrachlorobiphenyl

Pulsed corona
discharges plasma

Discharge voltage: 45 kV;
Frequency: 60 Hz;
Initial conductivity: 100 µs/cm;
Initial concentration: 68 ppb

Degradation efficiency: 70%
(60 min) [90]

Non-thermal plasma technology has been proved to be an effective method to degrade
EOPs in water environment. For example, Yang et al. [59] studied the degradation of
bisphenol A (BPA) in water by dielectric barrier discharge (DBD) plasma. The results
showed that BPA was completely degraded (100%) within 25 min when the discharge
voltage reached 16.8 kV. Satisfactory BPA degradation performance was achieved in a
relatively short treatment time, which proved the superiority of non-thermal plasma treat-
ment. Aggelopoulos et al. [91] investigated the degradation of enrofloxacin (ENRO) in
aqueous solution in a gas-liquid nanosecond-pulsed dielectric barrier discharge (NSP-DBD)
plasma reactor. Under the optimal pulse voltage and pulse frequency, ENRO was de-
graded completely (100%) after 20 min, and the corresponding energy yield was 1.1 g/kWh.
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3,3′,4,4′ -tetrachlorobiphenyl (PCB77) was selected as the target pollutant for DBD treatment
in order to verify the effectiveness of non-thermal plasma in the degradation of POPs in
aqueous solution [89]. Their study showed that non-thermal plasma can effectively degrade
PCB77 in aqueous solution. After DBD plasma treatment for 2 min, more than 75% of
PCB77 was degraded. In addition, the biotoxicity of PCB77 degradation products was also
evaluated, and it was found that DBD degradation products of PCB77 are almost non-toxic,
which demonstrated that non-thermal plasma is an efficient, green, and environmentally
friendly treatment technology to remove POPs from the environment.

The discharge voltage applied in non-thermal plasma significantly affects the degra-
dation/mineralization efficiency of EOPs. On the one hand, with the increase of discharge
voltage, the intensity of ultraviolet radiation increases, which leads to the improvement of
pollutant oxidation. On the other hand, the number of reactive species, especially •OH,
increases with the discharge voltage, which may lead to enhanced degradation of pollu-
tants. However, as the discharge voltage increases excessively, the energy yield generally
decreases. It is possible that the increased discharge voltage leads to increased energy
waste, indicating that more electrical energy is being converted to heat [92,93]. Therefore,
reasonable control of discharge voltage is the key of non-thermal plasma technology.

The pH value of aqueous solution is also one of the key factors for the degradation of
EOPs by non-thermal plasma technology. It not only affects the properties of EOPs, but
also affects the generation of reactive species in the non-thermal plasma system, which
is probably the main reason why the results of different studies seem contradictory. The
pH dependence of degradation efficiency has been extensively studied by many researchers.
In general, the formation of •OH is more intense under neutral or alkaline conditions. Some
previous reports also support that some reactive species (e.g., H2O2 and O3) can decom-
pose more quickly under alkaline conditions, forming •OH, leading to higher efficiency of
pollutant degradation [94–96]. However, in some studies, it was found that better degrada-
tion efficiency was achieved under acidic conditions. In the study of Li et al. [97], as the
pH value of the solution increased from 2.0 to 10.0, the reaction rate constants of tetracy-
cline (TC), sulfadiazine (SD) and ciprofloxacin (CIP) decreased by 40.9%, 60.0%, and 65.0%,
respectively. The lower degradation efficiency under alkaline conditions can be explained
by the deprotonation of pollutant molecules, which may lead to the contraction of the
bond length of pollutant molecules, thus increasing the stability of molecular structure and
enhancement of hydrophilicity of pollutant molecules, thus reducing the interaction with
reactive species. In addition, in the relatively high pH environment, the generated •OH
will be quenched by OH– [98], thus inhibiting the degradation of pollutants. Therefore, pH
is not a simple parameter, and the optimal pH value for different studies may be different,
and largely depends on the chemical structure and properties of pollutants.

The reaction of EOPs with different molecular structures to oxidative attacks may be
different and largely depends on the substituents on the benzene ring. Generally speaking,
EOPs with stable molecular structure have strong resistance to reactive species oxidation.
Li et al. [97] investigated the degradation of three antibiotics with different substituents
and chemical properties by non-thermal discharge plasma oxidation, namely TC, SD, and
CIP. The results showed that the three antibiotics could degrade effectively, but the reaction
kinetics were different. The authors speculated that the significant difference in degradation
performance of the three antibiotics may be due to their different molecular structures.
To verify this experimental conclusion, the authors further determined the relationship
between the chemical structure of these antibiotics and their removal efficiency by using
Gaussian calculations. The ionization potential (IP) of organic compounds was calculated
using the following equation (Equation (1)). Compared with SD and CIP, TC had the lowest
ionization potential and was therefore more easily oxidized by reactive oxygen species
(ROS). Therefore, organic pollutants with different structures have different degradation
effects, which was also found in the study of Kim et al. [31]. Unfortunately, they did not
explain the specific reasons. Banaschik et al. [77] explained why some pharmaceutical
compounds are more recalcitrant than others. Aromatic ring systems, unsaturated bonds,
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and electron donating functional groups (+I/+M) increased molecular reactivity towards
plasma treatment and also towards other AOPs that are relying on the generation of •OH.

IP = 1.3124 × (−εHOMO) + 0.514 eV (1)

2.2. Soil Remediation

At present, there is more and more research on remediation of EOPs contaminated
soil by non-thermal plasma technology, and the excellent treatment effect has gradually at-
tracted the attention of researchers. Summaries of some representative studies are presented
in Table 2.

Non-thermal plasma has been proved to be effective in repairing EOPs-contaminated
soil. Aggelopoulos et al. [101] studied the degradation of atrazine (ATZ) in soil by DBD
discharge plasma, and the results showed that ATZ with initial concentration of 100 and
10 mg/kg could be degraded in dry soil with a degradation efficiency of 86.9% and 98.1%
after plasma treatment for 60 min, respectively. Lou et al. [105] studied the remediation
of chloramphenicol (CAP)-contaminated soil by DBD plasma. The results showed that
the degradation efficiency of CAP was close to 81% after 20 min of plasma treatment,
which demonstrated the feasibility of non-thermal plasma in removing pharmaceutical
compounds from soil. Li et al. [112] used pulsed DBD plasma system to rehabilitate
phenanthrene (PHE)-contaminated soil. Under the condition of 0.6 L/min air flow and
110 V voltage, the removal efficiency can reach 87.3% within 20 min, and the energy yield
is 0.01 mg/kJ.

The researchers found that water content in soil is one of the most important fac-
tors affecting the removal efficiency of non-thermal plasma. A certain amount of water
molecules can promote the production of •OH [114]. Wang et al. [100] demonstrated that
in dry soil (0% moisture), about 65.6% of glyphosate was degraded after 45 min of DBD
plasma treatment, and when soil moisture increased to 10%, the proportion increased to
86.5% over the same treatment time. However, soil moisture increased further to 20%,
while glyphosate degradation efficiency decreased to 76.5%. The researchers attributed
this to the fact that as the water content increased, the pores of the soil became clogged
with water molecules, resulting in reduced transport of reactive species through the soil,
resulting in less effective degradation of pollutants. In addition, some researchers have
suggested that the presence of water contributes to this by helping dissolve organic matter
in soil particles, allowing the dissolved organic matter to compete with the target pollutant
for reactive species [115].

Different types of power supplies used to drive various plasma reactors also have a
great impact on the efficiency of soil remediation. Recently, more and more researchers have
focused on the plasma driven by nanosecond pulse power supply. Nanosecond pulsed
plasmas have the following advantages: (1) higher electron energy [116,117], since most of
the energy in the discharge process is used to accelerate the electron energy rather than
neutral gas; (2) stronger chemical activity [118], because the nanosecond pulse discharge
can produce more high-energy electrons, the inelastic collision in the discharge process is
more intense, and more reactive species can be produced, the chemical activity is stronger
than other discharges such as alternating current (AC) and direct current (DC); (3) better
uniformity and stability [119,120]. Aggelopoulos et al. [106] studied the remediation of CIP-
contaminated soil by nanosecond-pulsed DBD plasma. Under the optimal conditions (pulse
voltage 17.4 kV, pulse frequency 200 Hz), CIP was completely degraded in soil (~99%), and
treatment time was only 3 min, with a corresponding energy efficiency of 4.6 mg/kJ, which
is quite high for soil remediation. However, the plasma discharge in this study was carried
out in the gas phase above the soil surface, which would lead to poor permeability of
ultraviolet radiation and reactive species produced by plasma in the soil, thus affecting the
treatment effect. Hatzisymeon et al. [107] designed a new type of discharge plasma reactor
to alleviate this problem. In such reactors, the reactive species produced by the discharge
and plasma were produced directly in the contaminated medium, rather than in the gas
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phase above the contaminated medium. Under optimized conditions, the energy efficiency
of the system was 21.2 mg/kJ. In addition, this system could degrade CIP almost completely
over a wide range of soil thicknesses (2.4 to 9.4 mm). At the actual concentration of CIP
contamination in soil (20 mg/kg), the degradation process was very rapid and complete. At
high initial contaminant concentrations (200 mg/kg), considerable degradation efficiency
was also achieved. Water content of up to 10% did not appear to significantly affect process
efficiency, which is important for implementation under practical conditions.

Table 2. Overview of work done in the degradation of EOPs in soil by non-thermal plasma.

EDCs

Target Compounds Non-Thermal
Plasma System Experimental Condition Results Ref.

P-nitrophenol Pulsed discharge
plasma

Discharge voltage: 20 kV;
Frequency: 100 Hz;
Soil mass: 2.0 g;
Initial concentration: 800 mg/kg

Degradation efficiency: 78.1%
(10 min) [99]

Glyphosate Dielectric barrier
discharge plasma

Discharge voltage: 18.0 kV;
Air flow rate: 1.5 L/min−1;
Soil mass: 5.0 g;
Initial concentration: 200 mg/kg;
Soil moisture: 10%

Degradation efficiency: 93.9%
(45 min);
Energy yield: 0.47 g/kWh;
Rate constant: 0.062 min−1

[100]

Atrazine Dielectric barrier
discharge plasma

Discharge voltage: 44.8 kV;
Discharge power: 0.087 W;
Air flow rate: 1.0 L/min;
Frequency: 300 Hz;
Soil mass: 5 g;
Initial concentration: 100 mg/kg

Degradation efficiency: 86.9%
(60 min) [101]

Pentachlorophenol Pulsed corona
discharge plasma

Discharge voltage: 16.0 kV
Frequency: 67 Hz;
Air flow rate: 1.0 L/min;
Soil mass: 5 g;
Initial concentration: 200 mg/kg;
Pollution time: 4 h

Degradation efficiency: 85%
(60 min) [102]

P-nitrophenol (PNP)
and

pentachlorophenol
(PCP) mixtures

Pulsed corona
discharge plasma

Discharge voltage: 18 kV;
Frequency: 50 Hz;
Specific energy density: 485
J/gsoil;
Air flow rate: 0.5 L/min;
Soil mass: 5 g;
Initial concentration: 300 mg/kg
(PNP) and 300 mg/kg (PCP)

Degradation efficiency: 86.0%
(PNP) and 94.1% (PCP);
Energy yield: 4.01 g/kWh;
TOC removal efficiency: 39.2%

[103]

Trifluralin Dielectric barrier
discharge plasma

Discharge voltage: 26.8 kV;
Frequency: 100 Hz;
Air flow rate: 0.075 L/min;
Soil mass: 10.1 g;
Initial concentration: 200 ppm

Degradation efficiency: 97.3%
(10 min);
Energy yield: 4.1 mg/kJ

[104]

PPCPs

Target Compounds Non-Thermal
Plasma System Experimental Condition Results Ref.

Chloramphenicol Dielectric barrier
discharge plasma

Discharge voltage: 18.4 kV;
O2 flow rate: 0.5 L/min;
Soil mass: 2.5 g;
Initial concentration: 200 mg/kg;
Soil moisture content: 10%

Degradation efficiency: 81.0%
(20 min) [105]
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Table 2. Cont.

PPCPs

Target Compounds Non-Thermal
Plasma System Experimental Condition Results Ref.

Ciprofloxacin Dielectric barrier
discharge plasma

Discharge voltage: 17.4 kV;
Frequency: 200 Hz;
Air flow rate: 1.0 L/min;
Soil mass: 5 g;
Initial concentration: 200 mg/kg;
Soil moisture content: 5%

Degradation efficiency: 99% (3
min);
Energy yield: 4.6 mg/kJ

[106]

Ciprofloxacin Dielectric barrier
discharge plasma

Discharge voltage: 26.8 kV;
Frequency: 100 Hz;
Air flow rate: 0.075 L/min;
Soil mass: 6.1 g;
Initial concentration: 200 mg/kg;
Soil moisture content: 0.1%

Degradation efficiency: 95.2%
(5 min);
Energy yield: 21.2 mg/kJ

[107]

POPs

Target Compounds Non-Thermal
Plasma System Experimental Condition Results Ref.

Pyrene Dielectric barrier
discharge plasma

Discharge voltage: 36.2 kV;
Electrode gap: 14 mm;
Initial concentration: 100 mg/kg

Degradation efficiency: 61.6%
(60 min) [108]

Fluorene Corona discharge
plasma

Discharge voltage: 30 kV;
Frequency: 50 Hz;
Electrode gap: 20 mm;
Initial concentration: 200 mg/kg

Degradation efficiency: 78.7%
(60 min) [109]

Naphthalene

Dielectric barrier
discharge plasma

Discharge voltage: 40 kV;
Air flow rate: 0.85 L/min;
Moisture contents: 4%;
Soil depth: 1 mm;
Initial concentration: 100 mg/kg

Degradation efficiency: 96.32%
(30 min)

[110]Phenanthrene Degradation efficiency: 89.08%
(30 min)

Pyrene Degradation efficiency: 88.59%
(30 min)

Pyrene Dielectric barrier
discharge plasma

Discharge voltage: 35.8 kV;
Frequency: 9 kHz;
Air flow rate: 0.85 L/min;
Initial concentration: 10 mg/kg

Degradation efficiency: 85.09%
(30 min);
Energy yield: 0.8 µg/kJ

[111]

Phenanthrene Dielectric barrier
discharge plasma

Discharge voltage: 110 V;
Frequency: 150 Hz;
Air flow rate: 0.6 L/min;
Soil mass: 5 g;
Initial concentration: 200 mg/kg

Degradation efficiency: 87.3%
(20 min);
Energy yield: 0.01 mg/kJ

[112]

Polychlorinated
biphenyls

Dielectric barrier
discharge plasma

Discharge power: 21 W;
Gas flow rate: 120 mL/min;
Initial concentration: 1.78 × 104

µg/kg

Degradation efficiency: 84.6%
(90 min) [113]

Polycyclic aromatic
hydrocarbons

Pulsed corona
discharge plasma

Discharge voltage: 18 kV;
Frequency: 70 Hz;
Air flow rate: 0.8 L/min;
Initial concentration: 100 mg/kg

Degradation efficiency: 70%
(40 min) [36]

2.3. Comparison with Other AOPs

Comparisons between non-thermal plasma and other AOPs are difficult because
experimental conditions (such as molecular structure, initial concentration, treatment
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volume, etc.) vary greatly and these parameters significantly affect the degradation process.
In order to find a more accurate evaluation of degradation efficiency and energy yield,
Hama Aziz et al. [74,121] focused on the degradation of 2,4-dichlorophenoxyacetic acid
(2,4-D), 2,4-dichlorophenol (2,4-DCP), diclofenac (DCF), and ibuprofen (IBP) by several
AOPs: ozonation, photocatalysis, and non-thermal plasma. The common reactor design of
all experiments can directly compare the degradation efficiency and energy yield obtained
by different methods. The specific comparison results are shown in Table 3. Comparing
these AOPs from the perspective of degradation efficiency and energy yield, it is found that
there is an obvious gap in the degradation of pollutants with different molecular structures,
which indicates that different AOPs will be affected by the molecular structure.

Table 3. Comparison of EOPs degradation by non-thermal plasma and other AOPs.

Target
Pollutant Technology

Initial
Concentration

(mg/L)

Solution
Volume (mL)

Treatment Time
(min)

Degradation
Efficiency

Energy Yield
G50 (g/kWh) References

2,4-D
Ozonation

100 500
20 ~100% 6.60

[121]

Photocatalysis 90 67% 0.92
Non-thermal plasma 15 ~100% 8.80

2,4-DCP
Ozonation

100 500
10 ~100% 18.09

Photocatalysis 90 73% 0.35
Non-thermal plasma 15 ~100% 4.64

DCF
Ozonation

50 500
4 ~100% 28.00

[74]

Photocatalysis 90 ~80% ~0.50
Non-thermal plasma 20 ~100% 5.10

IBP
Ozonation

50 500
25 ~100% 2.50

Photocatalysis 90 ~35% ~0.25
Non-thermal plasma 15 ~100% 2.15

Compared with photocatalysis, ozonation, and non-thermal plasma have the advan-
tages of fast degradation rate, high degradation efficiency, and high energy yield. It can also
be seen from Table 3 that ozonation and non-thermal plasma show similar performance.
Taking 2,4-D as an example, the energy yield of non-thermal plasma is 8.8 g/kWh, while
the energy yield of ozonation for the removal of 2,4-D is 6.6 g/kWh. It is worth noting
that the mineralization efficiency of pollutants by ozonation is relatively low, and very
good mineralization can be obtained by non-thermal plasma. Li et al. [122] compared the
degradation of IBP by different AOPs. Except that the energy yield of photo-Fenton is
slightly higher than that of water film DBD plasma, the energy yield of other AOPs is
relatively low. However, photo-Fenton takes a longer time and the removal efficiency is
not very high.

3. Mechanism of Emerging Organic Pollutants Degradation by Non-Thermal Plasma
3.1. Reactive Species in Non-Thermal Plasma Discharges

The ability of non-thermal plasma to produce highly reactive species in situ is well
known. Their formation is mainly triggered by the collision of high-energy electrons
produced in the discharge with gas atoms or molecules. Once the discharge process has
occurred, reactive species can also be produced by radical recombination reactions or
de-excitation of metastable substances [96]. The most abundant primary and secondary
species formed in liquid or gas-liquid environments are hydroxyl radical (•OH), ozone
(O3), and hydrogen peroxide (H2O2), which are associated with the degradation of target
pollutants. However, many other ROS and RNS are produced in plasma, and can also
contribute to the decomposition of pollutants, such as singlet oxygen (1O2), atomic oxygen
(O), superoxide anion radical (•O2

–), peroxide hydroxyl radical (HO2•), nitrite (NO2
–),

nitrate (NO3
–), peroxynitrite (ONOO–), etc. The redox potentials of common oxidants

are shown in Figure 2. These reactive species react with pollutants in water or soil, or
high-energy electrons in an electric field react directly with pollutants, degrading them into
small intermediates and further splitting them into carbon dioxide and water molecules. In
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addition to oxidizing species, reductive species in discharge plasma may also contribute
to the degradation of pollutants in water, such as aqueous electron (E0 = −2.77 V) and
H• radicals (E0 =−2.30 V). Furthermore, some physical effects, such as ultraviolet radiation,
heat, and shock wave, are often accompanied in the plasma discharge process. In conclusion,
the degradation of organic compounds by discharge plasma depends mainly on the reactive
species, while other physical effects are beneficial to the degradation process.
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•OH is the second most reactive substance after fluorine atom, and they attack most or-
ganic pollutant molecules with a rate constant of 106–109 M−1 s−1, which is 106–1012 times
faster than ozone [123,124]. The production of •OH in water or plasma in contact with water
was discussed in detail [125]. Bruggeman et al. found that the production of •OH depends
largely on plasma parameters, such as gas temperature (Tg), electron temperature (Te), ion-
ization degree, electron and ion density, and gas composition. The results showed that •OH
formed by electron dissociation (Equation (2)) and dissociation attachment (Equation (3))
of water molecules are dominant in plasma with Te higher than 2 eV. However, when Te
is between 1 and 2 eV, electron-ion dissociation recombination (Equations (4) and (5)) and
ion-ion dissociation recombination (Equations (6) and (7)) also play an important role in
the mass production of •OH. Even at high enough ionization degree, it is also the main
formation pathway of •OH.

e− + H2O→ HO•+ H + e− (2)

e− + H2O→ HO•+ H− (3)

e− + H2O+ → HO•+ H• (4)

e− + H3O+ → HO•+ H2 + e− (5)

H− + H2O+ → HO•+ H2 (6)

H− + H3O+ → HO•+ H2 + H• (7)
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In the case of air or oxygen as the feed gas, O3 is formed by non-thermal plasma, and
the process has been well documented [126]. The electrons generated in the discharge excite
and dissociate diatomic oxygen (Equation (8)), and the resulting atomic oxygen reacts with
another oxygen molecule in the presence of a third object (M: M is a third collision partner:
O2, O3, O) to form ozone (Equation (9)).

O2 + e− → 2O•+ e− (8)

O•+ O2 + M→ O3 + M (9)

It is generally believed that H2O2 is mainly formed by the dimerization of •OH in
discharge in contact with water (Equation (10)):

•OH + •OH→ H2O2 (10)

H2O2 is a relatively stable oxidant and can accumulate in the liquid phase during
plasma discharge. Locke and Shih [127] summarized the literature on the formation of
H2O2 in water using various discharge techniques and experimental conditions. The results
showed that the efficiency of H2O2 production depends largely on the experimental device,
and the maximum energy yield is 80 g/kWh. In addition to the direct generation of •OH
in the plasma, additional •OH may be generated by the interaction of dissolved O3 with
H2O2 (Equation (11)).

H2O2 + O3 → O2 + HO•+ HO2• (11)

Formation of more •OH is particularly beneficial for degradation because •OH is
a powerful non-selective oxidant that reacts with most organic compounds, including
short-chain carboxylic acids, and complex intermediates produced during degradation of
organic molecules. Thus, increased concentrations of •OH can ensure further degrada-
tion/mineralization of organic pollutants.

In the study of plasma discharge technology using air/N2 as raw gas, in addition
to ROS, RNS are also formed, such as nitric oxide (NO), nitrogen dioxide (NO2), nitrite
(NO2

−), nitrate (NO3
−), and peroxynitrite (ONOO−) [95]. Even though N2 is a very

stable molecule with high bonding energy, high-energy electrons generated during plasma
discharge can dissociate the molecule from atomic nitrogen (Equation (12)). Nitrogen
oxides are then rapidly formed by the interaction of atomic nitrogen with diatomic or
triatomic oxygen (Equations (13) and (14)). The exchange between the two nitrogen oxides
can be achieved by the interaction of nitric oxide with ozone and the photodissociation
of nitrogen dioxide by ultraviolet radiation produced in the plasma (Equations (15) and
(16)). Further dissolution and oxidation of nitrogen oxides in aqueous media lead to the
formation of NO2

−, NO3
−, and ONOO−.

N2 + e− → 2N•+ e− (12)

N•+ O2 → NO•+ O• (13)

N•+ O3 → NO•+ O2 (14)

NO•+ O3 → NO2 + O2 (15)

NO2 + hv→ NO•+ O• (16)

3.2. Degradation Pathways of Emerging Organic Pollutants

Different degradation efficiencies and rates have been recorded using non-thermal
plasma techniques for different classes of EOPs. This phenomenon is mainly due to
the different chemical structure of EOPs. Different kinds of organic compounds require
different amounts of energy to break bonds. Therefore, the complexity of degradation
pathway is also a key factor in the final degradation results. During non-thermal plasma
treatment, in addition to the residue of the target pollutant, some intermediates also

272



Water 2022, 14, 1351

exist in the water/soil, which will compete with the target pollutant for reactive species,
resulting in poor degradation. However, little is known about the differences in degradation
mechanisms and kinetics. Therefore, the degradation pathways of some different types of
EOPs are summarized below.

3.2.1. Selected EDCs: Bisphenol A

Based on most relevant research, the results suggested that •OH, O3 and •NO2 play
an important role in the degradation of BPA and most intermediates. Generally, there are
two main pathways for the degradation of BPA in non-thermal plasma [56–59], as shown
in Figure 3. On the one hand, •OH reacts with phenolic hydroxyl groups in BPA to form
TP1 through hydrogen abstraction. The C atom on the ortho position of the hydroxyl group
of TP1 undergoes hydroxylation and a recombination reaction under the attack of •OH
and •NO2 to generate TP2 and TP3. Then, TP4 and TP5 are generated by tautomerization
of the keto and enol forms. On the other hand, the C atom between the two benzene rings
is cleaved under the oxidation of •OH and O3 to generate TP6 and TP7. In addition, the
above intermediate products can be further oxidized and ring-opened to generate a series
of small molecular organic compounds, and finally mineralized into CO2 and H2O.
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3.2.2. Selected PPCPs: Ibuprofen

Based on density functional theory (DFT), the spatial configuration of organic molecules
and electron cloud density distribution can be obtained by molecular orbital calculation,
which is helpful to predict the degradation behavior of organic pollutants. Generally, there
are three common pathways for IBP to undergo degradation by non-thermal plasma, as
shown in Figure 4. First, •OH can cause IBP to lose its carboxyl structure to generate the
product TP1. TP1 is further deprotonated to form an intermediate product TP2 under the
oxidation of •OH, O3 and other reactive species. Then, TP3 and TP4 are generated through
hydroxylation and demethylation reactions. Secondly, the 10C in molecular structure of
IBP is prone to hydroxylation to form TP5. Next, TP5 is deprotonated to form the product
TP6, followed by demethylation and decarboxylation under the action of reactive species
to generate TP7 and TP8 in turn. Li et al. [122] proposed the possible degradation pathway
of IBP in DBD plasma based on DFT analysis. DFT was used to describe the molecular
properties of IBP, which can reveal the potential of IBP in specific degradation reactions, as
well as the optimal location of electrophilic or nucleophilic reactions in the molecule. The
results showed that the 2 and 5 C positions of IBP are vulnerable to attacks by electrophiles
and nucleophiles. Therefore, the third degradation pathway of IBP begins with the attack
of the 2 or 5 C atom by the •OH. TP9 and P10 are generated by the substitution of •OH,
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and subsequent hydroxylation, demethylation, and deprotonation reactions may also occur
to generate a series of intermediate products. Finally, the benzene ring undergoes a ring-
opening process to form formic, acetic, and oxalic acids. These organic acid molecules
continued to mineralize into CO2 and H2O.
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3.2.3. Selected POPs: PCB77

The dechlorination of PCBs has always been the most important step in their degra-
dation process. Huang et al. [89] applied DBD non-thermal plasma for the degradation
of PCB77, and its degradation process and common reaction sites are shown in Figure 5.
Firstly, •OH causes the dechlorination reaction of PCB77 and generates a series of the
dechlorination product TP1. Due to the different reactivity of different sites on the benzene
ring, the selectivity of the dechlorination reaction usually depends on the position of the
chlorine atom, following the order of para > meta > ortho [128]. Secondly, •OH can lead to
a benzene cycloaddition reaction, forming multiple C-OH when all C-Cl break. Since the
O atom in the phenolic hydroxyl group can undergo p-π conjugation with the benzene ring,
the p electron cloud is transferred to the benzene ring, which increases the electron cloud
density on the benzene ring and is easy to attack by electrophiles [129,130]. Numerous
sites on the benzene ring are attacked by various reactive species in the plasma, and then
partially cleaved to form the intermediate product TP2. The aromatic ring structure in
TP2 may be attacked to form unstable products through electrophilic addition. Finally,
the above intermediate products are degraded into smaller organic molecules, CO2 or
inorganic salts.
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4. Non-Thermal Plasma and Other Technologies Cooperate to Degrade Emerging
Organic Pollutants in Environment

Because most single methods have some defects, it has been fully proved in various
research fields to make up for the shortcomings of a single system by using it in combination
with other methods [131,132]. Non-thermal plasma is a kind of AOPs which integrates
many factors, such as reactive species, high-energy electrons, ultraviolet radiation, and so
on, which shows good characteristics in the process of dealing with EOPs. However, non-
thermal plasma also has some disadvantages, such as low utilization efficiency of active
components and ultraviolet radiation, low energy utilization efficiency, and so on [72,133].
In view of these limiting factors, the synergistic plasma technology of oxidants and catalysts
will become one of development trends in the future. Another barrier to plasma is the
low mass transfer efficiency of the resulting reactive species from the plasma to the phase
where pollutants are present. Therefore, when designing a plasma reactor, it is necessary to
consider not only the generation of these reactive species, but also their efficient transfer to
the target pollutants. Recently, microbubbles (MBs) have been considered as an effective
method to improve the efficiency of plasma reactors. However, only few studies have been
carried out, and its mechanism is still unclear. Therefore, it is necessary to study the effects
of MBs on improving gas-liquid mass transfer in water treatment and the development
of other means to improve the mass transfer efficiency of reactive species from plasma to
medium is also the focus of plasma research in the future.

4.1. Oxidant

In recent years, the AOPs based on sulfate radical (•SO4
−) has attracted much atten-

tion because of its high oxidation activity and good adaptability to various EOPs. The
redox potential of •SO4

− (2.5–3.1 V) is higher than that of •OH (1.9–2.7 V), and the half-life
of •SO4

− (30–40 µs) is much longer than that of •OH (10−3 µs), which is beneficial to
improve the degradation efficiency of pollutants [134]. Ultraviolet radiation, local high
temperatures, and hydrated electrons produced by non-thermal plasma can activate per-
sulfate (PS) to form•SO4

−, which helps improve the energy efficiency of the plasma system
(Equations (17) and (18)) [135,136]. Tang et al. [65] studied the degradation of TC in water
by gas surface discharge plasma-activated PS. With the increase of the PS dosage, the
removal efficiency of TC in DBD plasma was also significantly improved. The calculated
synergistic factor was 1.856, indicating that the addition of PS has an obvious synergistic
effect. Wu et al. [133] found that the addition of peroxymonosulfate (PMS) into the DBD
plasma can increase the degradation efficiency of benzotriazole (BTA) by 47%. In addition,
energy production increased by 84%. The improvement of BTA degradation efficiency may
be attributed to the activation of PMS by plasma, which increases the formation of reactive
species and •SO4

−. In addition, some studies have shown that the introduction of PMS can
realize the secondary utilization of O3 (Equations (19)–(23)) [135].

HSO−5
plasma→ •SO−4 + •OH (17)

S2O2−
8

plasma→ 2•SO−4 (18)

SO2−
5 + O3 → −O3SO−5 (19)

−O3SO−5 → •SO−5 + •O−3 (20)

•SO−5 + O3 → •SO−4 + O2 (21)

•O−3 → •O− + O2 (22)

•O− + H2O→ •OH + OH− (23)

In addition, oxidants, such as percarbonate (SPC), ferrate, and H2O2, were also used
in non-thermal plasma. Tang et al. [137] explored the synergistic effect of SPC and plasma,
and the results showed that the addition of SPC was beneficial to the production of H2O2
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and the decomposition of O3. When SPC was 52.0 mol/L and voltage was 4.8 kV, the
removal efficiency of TC could reach 94.3% at 20 mg/L. Xu et al. [138] found that low
concentration (0.1–1.0 mmol/L) of H2O2 could promote the degradation of norfloxacin
(NOR) by plasma, while high concentration (1.0–2.0 mmol/L) of H2O2 could inhibit the
degradation of NOR. Sang et al. [139] compared the effect of PMS, SPC, and ferrate on the
degradation of Orange G (OG) by DBD plasma, and found that the degradation efficiency
of OG by ferrate plasma was the best. The possible mechanism of degradation of EOPs by
non-thermal plasma combined with different oxidants is shown in Figure 6.
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4.2. Catalyst
4.2.1. Homogeneous Catalyst

Fe2+ is the most commonly used homogeneous catalyst in combination with non-
thermal plasma. The addition of Fe2+ can form a Fenton system with the non-thermal
plasma and produce more •OH to degrade EOPs (Equations (24) and (25)) [140,141].
Hao et al. [142] introduced iron ion (Fe2+/Fe3+) into the pulsed discharge plasma system.
The experimental results showed that the addition of iron ion (Fe2+/Fe3+) could greatly
improve the removal efficiency of 4-chlorophenol. At the same time, they found that the
promoting effect of Fe2+ was greater than that of Fe3+. Xu et al. [138] found that a low
concentration of Fe2+ can promote the degradation of NOR by DBD plasma, while a high
concentration can inhibit the degradation of NOR, which may be due to the reaction of
excessive Fe2+ with •OH to form Fe3+ and OH- (Equation (26)). At the same time, the
Fe3+ can also react with H2O2 in aqueous solution (Equation (25)), thus reducing the
concentration of H2O2.

H2O2 + Fe2+ → •OH + OH− + Fe3+ (24)

H2O2 + Fe3+ → H+ + HO2•+ Fe2+ (25)
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Fe2+ + •OH→ OH− + Fe3+ (26)

In addition, the oxidizability of O3 produced by non-thermal plasma is lower than that of
•OH, while the introduction of Fe2+ can react with O3 to form •OH (Equations (27) and (28)),
thus improving the •OH content and energy efficiency of the non-thermal plasma.

Fe2+ + O3 → O2 + FeO2+ (27)

H2O + FeO2+ → Fe3+ + •OH + OH− (28)

4.2.2. Heterogeneous Catalyst

Non-thermal plasma co-heterogeneous catalytic oxidation technology refers to the
addition of solid catalyst (generally used in powder form) in the discharge region of the
plasma. Catalysts react with ultraviolet radiation or reactive species such as ozone and
hydrogen peroxide generated in plasma discharge process, and then trigger a series of
chain reactions to promote the generation of active free radicals and degradation of organic
matter. Furthermore, the combined adsorption and catalytic action of catalysts with a
large specific surface area can contribute to the removal of pollutants. Compared with
other advanced oxidation technologies, plasma discharge has a variety of physical and
chemical effects, such as high electric field, shock wave, etc., which can clean the surface
of accelerators and contribute to the regeneration of catalysts [143]. At present, the solid
catalysts used for plasma catalytic oxidation mainly include carbon catalysts represented by
activated carbon, photocatalysts represented by TiO2, other metal catalysts, metal or metal
oxide catalysts supported on supports, etc. The possible mechanism of degradation of
EOPs by non-thermal plasma combined with heterogeneous catalyst is shown in Figure 7.
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Different from the homogeneous catalyst, the heterogeneous catalyst is easy to recover
and separate; so, there are many studies on the coupling of the heterogeneous catalyst
and plasma to degrade EOPs. Guo et al. [69] coupled pulsed discharge plasma (PDP)
with Fe3O4 to promote the degradation of CAP. In PDP system, Fe3O4 not only catalyzed
H2O2 to form a Fenton reaction, but also catalyzed O3, which promotes the formation of
•OH. When the addition amount of Fe3O4 is 0.26 g/L, under the conditions of higher peak
voltage, lower initial solution concentration, and lower initial pH value, CAP is beneficial
to decomposition and has the best catalytic performance. Cheng et al. [144] used α-MnO2,
β-MnO2, and γ-MnO2 to degrade CIP wastewater by DBD plasma-catalytic combined
process. The results showed that the combination of DBD plasma and α-MnO2 has the
highest degradation efficiency of CIP, and the degradation efficiency could reach 93.1%,
which was 10.8% and 18.1% higher than that of β-MnO2 and γ-MnO2 catalyst in the plasma
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catalytic system, respectively. The photocatalyst TiO2 can enhance the degradation of
EOPs in the plasma system by utilizing the ultraviolet radiation produced by the plasma
(Equations (29) and (30)) [145]. Lee et al. [83] found that the addition of TiO2 increased the
decomposition rate of DMP, but the excess dosage of TiO2 resulted in ultraviolet radiation
blocking and decreased the decomposition rate of DMP. Jogi et al. [146] found that the
addition of TiO2 can increase the amount of O3 produced by the DBD plasma, which may
be one of the reasons for improving the efficiency of pollutant degradation.

TiO2 + hυ→ TiO2
(
e−cb + h+

vb
)

(29)

H2O + h+
vb → •OH + H+ (30)

A single metal oxide photocatalyst has a high recombination rate for electron-hole
pairs generated by light energy and is only sensitive to ultraviolet light, while catalysts
such as Fe3O4 can use H2O2 and O3 but cannot use ultraviolet light [64,71]. Therefore, it is
an ideal choice to prepare composite catalysts from metal oxides and other catalysts [147].
In order to make full use of the ultraviolet light generated by the plasma, Fe3O4 was
supported on reduced graphene oxide (rGO) [71]. Compared with using Fe3O4 alone,
rGO-Fe3O4 further improved the degradation efficiency and kinetic constant of ofloxacin
in the discharge plasma system. After 60 min of treatment, the degradation efficiency and
kinetic constant reached 99.9% and 0.108 min−1, respectively.

In addition, composite catalysts composed of metal oxides and metal oxides, metal
oxides, and metal elements are also used in non-thermal plasma. Ansari et al. [68] combined
a ZnO/α-Fe2O3 composite catalyst with DBD plasma to degrade antibiotic amoxicillin
(AMX). The results showed that the ZnO/α-Fe2O3 composite catalyst increased the degra-
dation efficiency of AMX from 75.0% (sole DBD plasma) to 99.3% under optimal conditions.
Wang et al. [148] found that compared with the plasma process, the combination of plasma
and Mn/γ-Al2O3 catalyst significantly improved the degradation efficiency of tetracycline
hydrochloride. Under the discharge power of 1.3 W, the degradation efficiency of tetra-
cycline hydrochloride could reach 99.3%, while the degradation efficiency of the plasma
treatment was only 69.7%.

At present, plasma-catalytic systems are mainly focused on water remediation, but
there are few reports about soil remediation. However, it has been demonstrated that
plasma-catalytic systems improve the efficiency of plasma systems in soil remediation.
Wang et al. [99,149] investigated the degradation of p-nitrophenol (PNP) in soil using a
pulsed discharge plasma-TiO2 catalytic system. Compared with the single plasma sys-
tem, the system showed higher degradation performance of PNP. Increased TiO2 content
promoted PNP degradation to a certain extent, while further increased TiO2 content had
negative effects. At higher TiO2 content, particles aggregation may reduce the interface area
between contaminants and catalyst surface sites, thereby reducing the number of active
sites on the catalyst surface and resulting in reduced PNP degradation [150].

In conclusion, the combination of plasma discharge and catalyst reveals the catalytic
promoting effect on pollutant removal and improves the efficiency of non-thermal plasma.

4.3. Microbubbles

MBs generally refer to bubbles with equivalent diameters less than 50 µm. Compared
with millimeter-sized bubbles, MBs have some special properties that can enhance the
discharge effect. Firstly, the gas-liquid mass transfer ability of MBs is strong. Unlike
millimeter-sized bubbles, MBs will not rise rapidly from the water to the liquid surface and
break. The rising speed of MBs in water is slower than that of millimeter-sized bubbles,
and the residence time in water is longer, which greatly prolongs the gas-liquid contact
time [151,152]. Figure 8 shows the characteristics of millimeter-sized bubbles and micron-
sized bubbles in water. Secondly, MBs can stimulate the generation of free radicals in the
process of fragmentation. Adiabatic compression occurs during bubble contraction, which
generates local high temperature and high pressure around the bubble. Such conditions
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stimulate the decomposition of water molecules around the bubble into free radicals [153].
Takahashi et al. [152] demonstrated free-radical generation from the collapse of MBs in the
absence of a harsh dynamic stimulus. Electron spin-resonance spectroscopy confirmed free-
radical generation by the collapsing MBs. The increase of the surface charges (ζ potentials)
of the MBs, which were measured during their collapse, supported the hypothesis that the
significant increase in ion concentration around the shrinking gas-water interface provided
the mechanism for radical generation.
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Studies showed that compared with plasma treatment alone, the presence of MBs can
significantly improve the treatment efficiency, and preliminary studies speculate that the
presence of MBs can improve gas-liquid mass transfer in plasma water treatment [154,155].
MBs were introduced with different carrier gases (air, N2 and Ar) in the needle-plate pulsed
discharge reactor to enhance the interface reaction [156]. Due to the surface ζ-potential,
MBs can effectively enrich pollutants, and the large specific surface area also leads to
a high gas-liquid interface area, which enhances the plasma reaction with pollutants.
At the same time, these unique physical properties can also promote the mass transfer
from gas to liquid in the system. Wang et al. [157] evaluated the degradation of ATZ
in aqueous solution by DBD/MBs/PS system in order to develop a more efficient and
environmentally friendly PS activation method. The observed ATZ removal efficiency
(DBD/MBs/PS > DBD/PS > MBs/PS) confirmed the synergistic effect of DBD/MBs/PS.
Based on the ATZ removal efficiencies of 64% and 56% in DBD/MBs/PS and DBD/PS
systems, the mass transfer contribution rate was calculated as 13% in DBD/MBs/PS
system. The synergies of DBD/MB/PMS systems are largely due to the interaction between
DBD, MBs, and PMS. DBD plasma produces a large number of reactive species when gas
molecules dissociate and form high-energy electrons. By combining DBD plasma and MBs,
the plasma can be ignited inside the MBs, where an electron avalanche breakdown occurs
and continues until the MBs crashes.

5. Practical Implications of This Study

Among a large number of research works in the past decade, non-thermal plasma
technology has been proved to be a promising environmental remediation technology.
However, there are still some challenges to be solved and breakthroughs to be made.

(1) One of the most serious challenges of non-thermal plasma technology is how to
improve the energy yield of the treatment system and reduce the operation cost.
According to the summary of existing research, the energy yields of different research
results vary greatly, covering several orders of magnitude. In addition to the different
molecular structures of pollutants, the design and experimental conditions of a non-
thermal plasma reactor also have a great influence. Due to the particularity of in
situ generation of reactive species by non-thermal plasma, the main improvement of
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reactor design mainly lies in how to maximize the generation of reactive species and
effectively transfer them to the medium where pollutants exist.

(2) In addition, non-thermal plasma technology is still in the laboratory research stage,
and the volume of the reactor is too small to be put into practical application. There-
fore, how to expand the scale of the reactor is a major challenge for future research.

(3) Another key research challenge is that the current research mainly focuses on the
degradation efficiency of pollutants and lacks the toxicity test of water and soil
environment after non-thermal plasma treatment, which is very important for the
practical application of non-thermal plasma technology in the future. Although it is
generally shown that non-thermal plasma can reduce the concentration of pollutants,
the toxicity of the degradation products and the ultimate impact of reactive species
produced by non-thermal plasma that may persist are not clear. This is a problem that
needs to be analyzed in more detail in the future.

Some suggestions for future development direction are also put forward.

(1) At present, most research focuses on artificially polluted water and soil, and research
on actually polluted water and soil is limited. Therefore, more attention should be paid
to the actually polluted water or soil, which may promote the practical application of
non-thermal plasma in the future.

(2) It is well known that the traditional sewage treatment process of sewage treatment
plants cannot completely remove these EOPs. In most cases, these EOPs are trans-
ferred to sludge due to their low solubility and high octanol/water distribution
coefficient. Therefore, excess sludge is also an easy enrichment medium for these
EOPs. In view of the excellent effect of non-thermal plasma in water and soil envi-
ronment, it is necessary to extend this technology to the treatment of excess sludge in
the future.

(3) The positive effects of catalysts on non-thermal plasma technology have been widely
recognized in a large number of studies. However, at present, the recovery of solid
catalysts in soil remediation seems to be less mentioned, and the influence of catalyst
residues on soil properties and microbial behavior is still in the blank stage.

6. Conclusions

This review provides readers with a comprehensive overview of non-thermal plasma
in environmental remediation. Based on the above discussion of this review, some impor-
tant conclusions can be drawn.

Firstly, the research progress of non-thermal plasma on EOPs (i.e., EDCs, PPCPs, and
POPs) in different environmental media is summarized. It is found that many parameters
will affect the degradation efficiency of non-thermal plasma, and it is clear from previous
studies that non-thermal plasma technology shows the potential for effective degradation
and complete mineralization of EOPs, which cannot be successfully removed by conven-
tional treatment methods. For soil remediation, direct ignition of plasma discharge in
the interior of soil pores seems to promote the penetration of UV and short-lived reac-
tive species in the soil matrix, thus further promoting effective remediation of the entire
porous medium.

Secondly, the generation of reactive species and the degradation mechanism of EOPs in
non-thermal plasma system are discussed. Similar to other AOPs, non-thermal plasma also
emphasizes that •OH plays a central role in the degradation of pollutants. The degradation
pathways of various EOPs are mainly the following reactions: •OH is directly generated
in discharge or further decomposed by O3 and H2O2. Then, according to the molecular
structure of organic pollutants (e.g., electron density), the oxidative degradation pathway
may also include the reaction with O3.

Finally, some measures to improve the efficiency of non-thermal plasma are compre-
hensively summarized. In terms of water remediation, the formation of MBs under the
water surface seems to have significant advantages, because it is a more effective means to
provide reactive species to degrade EOPs in water and the existence of MBs enhances the
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dissolution and mass transfer of reactive species generated by plasma from gas phase to
liquid phase. For soil remediation, the combination of non-thermal plasma and catalyst
seems to be a promising technology to break through the bottleneck of single plasma.

In conclusion, non-thermal plasma technology has a good application prospect in
environmental remediation.
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