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Editorial

Nanoparticles in the Environment and Nanotoxicology

Vivian Hsiu-Chuan Liao

Department of Bioenvironmental Systems Engineering, National Taiwan University, Taipei 106, Taiwan;
vivianliao@ntu.edu.tw; Tel.: +886-2-33665239

Nanomaterials, including engineered nanoparticles and microplastics/nanoplastics,
have attracted increasing concern as they might potentially release into the environment,
leading to potential risks to ecosystems. However, there are still huge gaps and unknown
knowledge about the fate, behavior, and toxicity of nanoparticles in the environment.
This Special Issue aims to provide recent novel research findings of nanoparticles on their
determination, detection, and degradation in the environment as well as the toxicity of
nanoparticles. This Special Issue provides ten outstanding papers comprising two review
articles and eight research articles with a range of original contributions detailing various
types of nanoparticles in terms of their toxicity [1–5], removal of antibiotics [2,6], and
behavior in natural environments [3,7,8].

This Special Issue collected various research papers addressing the toxic effects of
various types of nanoparticles using different tested organisms in various media. For
example, How and Huang [1] utilized the soil nematode Caenorhabditis elegans to investigate
neurotoxicity caused by zinc oxide nanoparticles (ZnO-NPs) exposure. They reported that
ZnO-NPs particulates attribute to the neurotoxicity in C. elegans via dietary transfer [1].
Le et al. [4] synthesized nano-sized artificial black carbon (aBC), examining its toxicity
on A549 human lung cells, and found that aBC with an increased content of the oxygen
functional group displayed higher toxicity to A549 cells. Interestingly, exposure to Ce oxide
nanoparticles (nCeO2), even at high concentrations, did not result in negative effects on
spontaneous plant species, the monocot Holcus lanatus and dicots Lychnis-flos-cuculi and
Diplotaxis tenuifolia [5]. However, studies on the effects resulting from the exposure of
terrestrial species to nanomaterials are limited, and this study highlights the importance of
research in this field.

It is worth noting that the behavior of engineered nanoparticles in natural aquatic
environments plays a vital role in determining their toxicity and associated risks [9]. Lee
et al. [3] investigated the behavior of silver nanoparticles (Ag-NPs) and ZnO-NPs in natural
waters to determine their toxicity in zebrafish embryos. They observed that the acute
toxicity of AgNPs or ZnONPs in nature water was much lower than that of Milli-Q (MQ)
water [3]. This suggests a possible interaction and transformation between AgNPs or
ZnONPs and components in the natural water environment, leading to reduced toxicity [3].
The continuous flow dissolution method was established to measure dissolution rates of Ag-
NPs in environmentally relevant water [7]. This work might support the Organization for
Economic Co-operation and Development (OECD) testing guidelines focusing on natural
aquatic environments [7]. Furthermore, a wide range of commercial products containing
nano-enabled products (NEPs) were assessed for the release of engineered nanomaterials
(ENMs) and their characteristics in environmental waters [8].

The contamination of pharmaceuticals and personal care products (PPCPs) has driven
attention due to their intensive usage and widespread into the environment as well as their
potential risk to humans and ecosystems [10]. In this Special Issue, the potential of using
nanomaterials to remove PPCPs was reported [2,6]. Capsoni et al. [2] synthesized halloysite
nanotubes (HNT) with magnetic Fe3O4 nanoparticles as adsorbents to quantitatively reduce
the concentration of antibiotic ofloxacin in tap, river, and effluent waters and further
evaluated the acute toxicity with the freshwater organism Daphnia magna. Sulfamethazine
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(SMZ), one of the most commonly used antibiotics, was found to experience degradation
that could be promoted by graphene oxide (GO) under UV light in a water environment [6].

Besides engineered nanoparticles, ubiquitous microplastics/nanoplastics have gained
concern regarding their distribution, source, and fate in the environment, as well as the
toxicity of these plastics to the environment and humans. Yang et al. [11] summarized
the distribution, source, occurrence, and fate of microplastics in the atmosphere, which
was less reviewed compared to that in oceans, freshwater, and soil. The possible health
impacts of microplastics/nanoplastics on humans were viewed by Yee et al. [12]. Currently,
the distribution and concentrations of microplastics/nanoplastics in the environments are
largely unknown due to the restriction of the detection limit, the lack of validated methods,
and no effective methods for the determination and quantification [12–14]. This makes an
accurate assessment of human health and ecological risks of microplastics/nanoplastics
a scientific challenge. Nevertheless, in-depth future research should continue to seek to
understand the mechanisms of toxicity and potential risks of chronic exposure to various
types of nanoparticles at relevant concentrations in the environment.

Conflicts of Interest: The author declares no conflict of interest.
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Dietary Transfer of Zinc Oxide Nanoparticles Induces
Locomotive Defects Associated with GABAergic Motor Neuron
Damage in Caenorhabditis elegans
Chun Ming How 1 and Chi-Wei Huang 2,*

1 Department of Bioenvironmental Systems Engineering, National Taiwan University, Taipei 10617, Taiwan
2 Department of Marine Environmental Engineering, National Kaohsiung University of Science and

Technology, Kaohsiung 81157, Taiwan
* Correspondence: chiweihuang@nkust.edu.tw; Tel.: +886-7-3617141 (ext. 23760)

Abstract: The widespread use of zinc oxide nanoparticles (ZnO-NPs) and their release into the
environment have raised concerns about the potential toxicity caused by dietary transfer. However,
the toxic effects and the mechanisms of dietary transfer of ZnO-NPs have rarely been investigated.
We employed the bacteria-feeding nematode Caenorhabditis elegans as the model organism to inves-
tigate the neurotoxicity induced by exposure to ZnO-NPs via trophic transfer. Our results showed
that ZnO-NPs accumulated in the intestine of C. elegans and also in Escherichia coli OP50 that they
ingested. Additionally, impairment of locomotive behaviors, including decreased body bending
and head thrashing frequencies, were observed in C. elegans that were fed E. coli pre-treated with
ZnO-NPs, which might have occurred because of damage to the D-type GABAergic motor neurons.
However, these toxic effects were not apparent in C. elegans that were fed E. coli pre-treated with
zinc chloride (ZnCl2). Therefore, ZnO-NPs particulates, rather than released Zn ions, damage the
D-type GABAergic motor neurons and adversely affect the locomotive behaviors of C. elegans via
dietary transfer.

Keywords: ZnO nanoparticles; trophic transfer; neurotoxicity; GABAergic motor neuron; neuron damage

1. Introduction

Engineered nanoparticles (ENPs), which are extensively used in industrial and do-
mestic products, are emitted into the environment [1]. This has raised concerns due to
their potential toxicity to biota [1,2]. Zinc oxide nanoparticles (ZnO-NPs), with a global
production of approximately 550–33,400 tons, are one of the most widely used ENPs in the
electrical and manufacturing industries and personal care products [3,4]. In addition, due
to their biocompatibility and cost-effectiveness, ZnO-NPs have been increasingly used in
the biomedical field, such as in antibacterial, antifungal, antiviral, antidiabetic, and wound
healing applications [5]. These advantages have also resulted in the growing usage of
ZnO-NPs in dentistry [6]. Moreover, ZnO-NPs exhibit luminescent properties, making
ZnO-NPs an excellent candidate for bioimaging [7]. ZnO-NPs are also commonly used
as medicine in livestock, aquaculture, and pet animals despite the occasionally occurring
side effects [8]. ZnO-NPs are also used in the synthesis of hybrid nanomaterials, which
show excellent sorbent properties for the removal of pollutants [9–11]. As a result, the
production, manufacturing, and consumption of ZnO-NPs result in their emission via
industrial effluents [12]. The amount of ZnO-NPs entering sewage treatment plants by the
European Union is estimated to be 1.05 million kg per year (1.7–45 μg/L in the effluent
of sewage treatment plants) [12,13]. Considering that environmental ZnO-NPs levels are
likely to rise due to the growing demand [13], this contaminant is a cause for concern
because of its potential adverse effects on biota [14].

Nanomaterials 2023, 13, 289. https://doi.org/10.3390/nano13020289 https://www.mdpi.com/journal/nanomaterials3
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Dietary transfer is an important pathway for pollutant transfer and accumulation,
which might cause harmful effects in organisms at higher trophic levels [15]. The inclusion
of dietary transfer as a factor in ecotoxicological risk assessment for aquatic species is
recommended considering the significant toxicity caused by dietary exposure [16]. Due to
the long-lasting and non-biodegradable properties of metals, the effects of the accumulation
of metal-based ENPs due to dietary transfer require urgent investigation [2]. ENPs, such
as ZnO, silver (Ag), and titanium dioxide (TiO2), are transferred through food chains and
accumulate in the higher trophic levels [17–19]. The enhanced accumulation of metal-based
ENPs, including Ag, silicon dioxide (SiO2), tin oxide (SnO2), cerium oxide (CeO2), and
magnetite (Fe3O4), has several sublethal adverse effects on reproduction, development,
and locomotion [20–22]. Although ZnO-NPs are one of the most widely used ENPs,
studies related to their toxic effects induced by dietary intake are limited. In addition,
whether ZnO-NPs from dietary transfer affect other target tissues, such as the neurons,
remains unclear.

Metal-based ENPs accumulate in various organs or tissues after ingestion and induce
toxicity predominantly via reactive oxygen species (ROS) [23]. Recent research has suggested
that neuromuscular defects are induced by ENPs in the nematode Caenorhabditis elegans [24,25].
Furthermore, locomotion in zebrafish and C. elegans is known to be adversely affected by
ZnO-NPs [26,27]. Previous studies showed that D-type GABAergic motor neurons, which
control locomotive behaviors, are potential targets of toxicants, including quantum dots
and heavy metals [28,29]. The altered behaviors and neurotoxicity may reduce the fitness of
organisms and result in ecotoxicity [30]. However, the involvement of the dietary transfer
of ZnO-NPs in neurotoxicity and its underlying mechanisms remain unknown.

To investigate the toxic effects and mechanisms of the dietary transfer of ZnO-NPs,
we used C. elegans as the model organism and Escherichia coli OP50 as its food source to
establish a dietary transfer assay model. C. elegans is regarded as a useful model in envi-
ronmental toxicology and neurotoxicology due to its short life cycle, ease of maintenance,
and availability of mutants and transgenic strains [31]. A 72 h exposure period, which
covers all developmental stages until puberty, may be considered long-term exposure in
C. elegans [32]. Our study aims to investigate the toxic effects of the long-term dietary trans-
fer of ZnO-NPs in the E. coli–C. elegans food chain model by examining their accumulation
in these organisms and assessing the impairment of locomotive behaviors and D-type
GABAergic motor neurons.

2. Materials and Methods

2.1. Chemicals, Characterization, and Strains Maintenance

All of the chemicals used in this study were purchased from Sigma-Aldrich Chemicals
Co. (St. Louis, MO, USA). Zinc chloride (ZnCl2) was used as a control to distinguish the
effects of dissolved zinc ions (Zn2+). ZnO-NPs (<50 nm, assay grade, >97% purity) were
sonicated and freshly prepared in 1000 mg/L stock solution before the assays. Characteris-
tics of ZnO-NPs, including morphology and hydrodynamic diameter, have been previously
documented [26]. The TEM image of ZnO-NPs used in the present study was shown in
Figure S1. A previous study also reported the TEM image and X-ray diffraction (XRD) re-
sults of ZnO-NPs [33]. The concentrations of Zn released from ZnO-NPs in a Luria–Bertani
broth (LB) medium during the 8 h E. coli exposure period were determined at 0, 4, 6, and 8 h
at 37 ◦C. The initial concentration of the ZnO-NPs suspension prepared in the LB medium
was 5 mg/L. The samples were filtered through Amicon Ultra-15 Ultracel-3 centrifuge
tubes (3 kDa cutoff ≈ 0.9 nm, Millipore, Billerica, MA, USA) to remove the remaining
ZnO-NPs, and the concentrations of Zn2+ in the aqueous phase were measured using
inductively coupled plasma atomic emission spectroscopy (ICP-AES, Spectro Ciros 120,
Kleve, Germany).

E. coli OP50 and C. elegans strains, including wild-type N2 and transgenic EG1285
strain [unc-47p::GFP + lin-15(+)], were purchased from the Caenorhabditis Genetics Center
(CGC, University of Minnesota, MN, USA). The freshly prepared overnight bacterial
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culture from a single colony was used for ZnO-NP exposure and dietary transfer assay. For
maintaining the C. elegans strains, all of the worms were cultured at 20 ◦C on a nematode
growth medium (NGM) agar plate covered with a bacterial lawn of E. coli OP50.

2.2. Measurement of Zn Concentration in E. coli OP50

Saturated E. coli OP50 were freshly prepared and subcultured in the LB medium with
various concentrations of ZnO-NPs for 8 h at 37 ◦C according to the methods of a previous
study [20]. Subsequently, the bacterial culture was washed three times using deionized
water by centrifugation (15 min at 3000× g). The E. coli OP50 pellet that was collected was
digested using concentrated nitric acid (HNO3), and the Zn concentration was analyzed
using ICP-AES.

2.3. Dietary Transfer Assay

The dietary transfer assay was adapted from a previous study with minor modifications [20].
E. coli OP50 treated with ZnO-NPs or ZnCl2 for 8 h were washed and re-suspended in
deionized water. Subsequently, they were spread on the NGM plates onto which the
C. elegans L1-larvae were placed. After 72 h of exposure, the worms were washed using M9
buffer for future assays.

To characterize the distribution and localization of ZnO-NPs in C. elegans, rhodamine
B (RhoB) was used to label the ZnO-NPs, and unbound RhoB was removed by performing
dialysis for 24 h in deionized water (regenerated cellulose dialysis tubing, MWCO: 6000–8000;
Orange Scientific, Braine-l’Alleud, Belgium) [34]. The freshly prepared RhoB-labeled
ZnO-NPs (RhoB/ZnO-NPs) were administered to the E. coli OP50 for 8 h. The RhoB and
deionized water without ZnO-NPs (RhoB/deionized water) were treated using dialysis for
24 h and used as the control. Wild-type N2 C. elegans L1-larvae were fed with RhoB/ZnO-
NPs or RhoB pre-treated E. coli OP50 for 96 h. After following the exposure and washing
steps, the worms were anesthetized in 50 mM sodium azide on 2% agarose gel mounted
on a glass slide. Fluorescent images of the worms were acquired using an epifluorescence
microscope (Leica, Wetzlar, Germany) with a suitable filter set (excitation, 550 ± 30 nm;
emission, 615 ± 45 nm) and a digital camera. Fluorescence intensities were analyzed and
quantified using ImageJ [35]. The tests were conducted at least three times independently,
and 25 worms were scored per treatment in each replicate.

2.4. Locomotive Behaviors Tests

Wild-type N2 C. elegans were washed after exposure via dietary transfer and sub-
jected to locomotive behavior tests. Locomotive behaviors, including body bending and
head thrashing frequencies, were studied by modifying the methods used in a previous
study [36]. The frequencies of body bending during 20 s and head thrashing during 1 min
were manually measured and calculated. The tests were conducted at least three times
independently, and 20 worms were scored per treatment in each replicate.

2.5. GABAergic Neuron Toxicity Assay

Transgenic EG1285 strain C. elegans were washed after exposure through dietary
transfer. The morphology of green fluorescent protein (GFP)-labeled GABAergic neurons
was characterized using an epifluorescence microscope. Fluorescent images of the worms
were captured for the determination of neuron cell and gap numbers in GABAergic D-type
motor neurons. The abnormality of GABAergic motor neurons (%) was defined as the
total counts of GABAergic motor neuron cell loss and gap numbers divided by the total
GABAergic motor neuron cells and the connections between the neuron cells in normal
conditions. The tests were conducted at least three times independently, and 20 worms
were scored per treatment in each replicate.
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2.6. Statistical Analysis

SPSS Statistics for Windows, version 22.0 (IBM Corp., Armonk, NY, USA) was used
to conduct the statistical analysis. The data were expressed as the mean ± standard error
of the means (SEM). Statistical significance was determined using a one-way analysis of
variance (ANOVA) with a least significant difference (LSD) post-hoc test and indicated
using different lowercase letters (p < 0.05).

3. Results and Discussion

3.1. Concentration of Zn Released from ZnO-NPs in LB Medium

Metal nanoparticles exhibit distinct characteristics under different environmental
conditions because of their interactions with abiotic and biotic factors [37]. Additionally,
the ZnO-NPs are substantially affected by the background medium, resulting in the release
of varying amounts of Zn2+ [26]. Therefore, before E. coli exposure, we determined the
concentrations of Zn2+ released from the ZnO-NPs in the LB medium at different time
points. The Zn2+ concentration in the LB medium remained constant at approximately
1.8 mg/L after 0.5, 2, 4, and 8 h (Figure 1). Furthermore, the Zn2+ concentration reached a
steady state immediately after the ZnO-NPs were added to the LB medium (Figure 1).

Figure 1. Released Zn ions from ZnO-NPs in LB medium. Initial concentration of ZnO-NPs sus-
pension was 5 mg/L prepared in LB medium. Samples were incubated at 37 ◦C and analyzed at
different time points at 0, 0.5, 2, 4, and 8 h. Samples were filtered to remove undissolved ZnO-NPs,
and then the concentrations of Zn ions in the aqueous phase were measured using ICP-AES. The data
are shown as the mean ± SEM.

Figure 1 shows that Zn2+ constituted approximately 35% of the total ZnO-NPs in the
LB medium, implying that compared to the concentration of the particulate form, that
of the ionic form of ZnO-NPs was relatively lower in the LB medium. Recent studies
have also demonstrated the low solubility and stability of ZnO-NPs in the LB medium
(5–51% Zn2+ of total ZnO-NPs) [38,39], which may have been due to the presence of organic
matter in the LB medium. Some types of organic matter may inhibit the release of free Zn2+

from ZnO-NPs [40,41]. Moreover, the dissolution rate of ZnO-NPs is inversely correlated
to aliphatic carbon content and hydrogen/carbon ratio [42]. Therefore, both ionic and
particulate forms of ZnO-NPs can potentially transfer to E. coli OP50, and the accumulation
was further investigated.
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3.2. Zn Accumulation in E. coli OP50

To investigate the accumulation of ZnO-NPs in E. coli OP50 that might further transfer
to C. elegans, we exposed E. coli OP50 to different concentrations of ZnO-NPs (5, 10, 50, and
100 mg/L) and analyzed the Zn concentrations in the bacteria. The concentrations were
designed based on the minimal inhibitory concentration (MIC) of 400 mg/L for ZnO-NPs
in E. coli strain [43]. We selected concentrations below the MIC, and serial dilution was
applied to establish the dose-response relationships for the toxicological endpoints.

We found that Zn concentrations in bacterial cells increased in a dose-dependent
manner (Figure 2). Exposure to 100 mg/L of ZnO-NPs caused a cellular burden of approxi-
mately 200 μg/108 cells, which was 100 times higher than that due to 50 mg/L of ZnO-NP
exposure (Figure 2). Exposure to ZnCl2 also resulted in a substantial accumulation of Zn
in the bacterial cells; 50 mg/L ZnCl2 led to a cellular burden of approximately 2.5 μg/108

cells, whereas 100 mg/L ZnCl2 caused a cellular burden of approximately 500 μg/108 cells
(Figure 2).

Figure 2. Accumulated Zn concentration in E. coli OP50 upon ZnO-NP or ZnCl2 exposure. Saturated
E. coli OP50 were diluted and incubated in LB medium with various concentrations of ZnO-NPs or
ZnCl2 for 8 h at 37 ◦C. Subsequently, E. coli OP50 pellet was washed and collected for Zn concentra-
tion analysis using ICP-AES. The data are shown as the mean ± SEM. Statistical significance was
determined by ANOVA with LSD post-hoc test to compare to the control (0 mg/L). (**: p < 0.01,
***: p < 0.001).

Thus, ZnO-NPs accumulated in E. coli OP50 after 8 h of exposure at all of the examined
concentrations (Figure 2). Metal nanoparticles, such as TiO2 and Ag, accumulated in the
bacteria, including E. coli and Pseudomonas aeruginosa, and then were transferred to higher
trophic levels [20,44]. Several studies have shown that ZnO-NPs can damage the bacterial
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cell wall and enhance membrane permeability, thereby resulting in their accumulation in
bacteria [45,46]. Additionally, the internalization of ZnO-NPs by E. coli and other bacterial
cells has been observed previously [47,48]. The high concentration (100 mg/L) of ZnO-NPs
and ZnCl2 largely increased the Zn accumulation compared with 50 mg/L, which may be
due to the membrane damage that facilitated higher Zn accumulation in the cytoplasm [49].
Therefore, our results suggest that ZnO-NPs can accumulate in prey (E. coli) and potentially
be transferred to higher trophic levels through dietary intake.

3.3. Distribution and Accumulation of ZnO-NPs in C. elegans via Dietary Transfer

To further assess the dietary transfer of ZnO-NPs from E. coli to C. elegans, the worms
were exposed to E. coli OP50 pre-treated with ZnO-NPs. The control worms were fed with
E. coli pre-treated with RhoB/deionized water. The fluorescent dye RhoB was used to
label the ZnO-NPs to visualize the distribution and accumulation of the ZnO-NPs due to
dietary transfer. Compared with the controls (RhoB/deionized water), the RhoB-labeled
ZnO-NPs accumulated mainly in the pharynx and intestine of C. elegans (Figure 3A).
Quantification of the fluorescence intensity showed that the background levels in the
controls were approximately 6 RFU/worm, which significantly increased to approximately
15 RFU/worm in the presence of RhoB-labeled ZnO-NPs (Figure 3B).

Figure 3. Accumulated ZnO-NPs in C. elegans through dietary transfer. Wild-type N2 C. elegans
L1-larvae were fed with rhodamine B (RhOB)-labeling ZnO-NPs (RhoB/ZnO-NPs) pretreated E. coli
OP50 for 96 h. RhoB/Deionized water was used as the control. After exposure and washing,
(A) fluorescence images of worms were taken, and (B) fluorescence intensity was analyzed using
ImageJ. The data are shown as the mean ± SEM. The tests were conducted at least three times
independently, and 25 worms were scored per treatment in each replicate. Statistical significance was
determined by ANOVA with LSD post-hoc test to compare to the control. (***: p < 0.001).

While the dietary transfer of ZnO-NPs in aquatic food chains has been demonstrated
in several studies [19,50–52], little is known about their distribution. Trophic transfer of
ZnO-NPs occurs in simple food chains involving algae (Chlorella ellipsoidea) and clams
(Corbicula fluminea) [53]. Furthermore, goldfish fed with brine shrimp pre-exposed to ZnO-
NPs showed significant accumulation of Zn in the intestine [54]. In C. elegans, the intestine
is the primary target of nanomaterials, including SiO2, carbon nanotubes, graphene oxide,
and Ag [20,55–57]. This may be the reason for the significant ZnO-NP accumulation in the
intestine and pharynx of C. elegans due to dietary transfer from E. coli OP50 (Figure 3A).

3.4. Effects of Dietary Transfer of ZnO-NPs on Locomotive Behaviors of C. elegans

The sublethal endpoints, including body bending and head thrashing frequencies, of
C. elegans have been used to assess neurotoxicity [31,58,59]. Moreover, we previously found
that aquatic exposure to ZnO-NPs in simulated surface water (EPA water) significantly
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impairs locomotive behaviors, indicating that neurotoxicity is a potential result of ZnO-NP
exposure [26]. Therefore, the effects of the dietary transfer of ZnO-NPs on C. elegans were
investigated using locomotive behavior tests. In addition, ZnCl2 was used to differentiate
between toxicity due to ionic Zn and that caused by ZnO-NPs.

The body bending frequency decreased in C. elegans fed with ZnO-NPs pre-treated
E. coli OP50 in a dose-dependent manner (Figure 4A). In contrast, there was no significant
difference in the body bending frequency of C. elegans fed with relatively high concentra-
tions (50 and 100 mg/L) of ZnCl2 pre-treated E. coli OP50 and that of the controls (fed with
0 mg/L ZnCl2 pre-treated E. coli OP50) (Figure 4A). Tests pertaining to the head thrashing
frequency exhibited similar results (Figure 4B). E. coli pre-treated with 50 and 100 mg/L
of ZnO-NPs demonstrated a 9–10% reduction in head thrashing and a 17–18% reduction
in body bending (Figure 4A,B), implying that body bending frequency may be a more
sensitive endpoint than head thrashing.

Figure 4. Locomotive behavior defects resulted from dietary transfer of ZnO-NPs in C. elegans.
Wild-type N2 C. elegans L1-larvae were fed with ZnO-NPs or ZnCl2 pretreated E. coli OP50 for 72 h.
After exposure and washing, (A) body bends and (B) head thrashes of worms were determined. The
data are shown as the mean ± SEM. The tests were conducted at least three times independently, and
20 worms were scored per treatment in each replicate. Statistical significance was determined by
one-way ANOVA with LSD post-hoc test and indicated by different lowercase letters (p < 0.05).

Our results suggest that the predicted environmental concentration of ZnO-NPs
(76 μg/L) [60] may be harmful to locomotive behavior and cause ecotoxicity. Altered
behaviors caused by environmental toxicants can reduce the fitness and population of
organisms, indicating the potential impact of neurotoxicity on the ecosystem [30]. A pre-
vious study showed that exposure to ZnO-NPs impaired motor functions in mice [11].
Liquid exposure to ZnO-NPs shows impairment of locomotive behaviors in C. elegans
and zebrafish, which is more significant than that caused by ZnCl2 [26,27]. Thus, the
biological actions of ZnO-NPs and Zn2+ are different, and the impairment of motor func-
tions induced by ZnO-NPs may be similar in different species. It has been shown that
the sensitivity of body bends to the liquid exposure of ZnO-NPs was higher than head
thrashes in C. elegans, which is in agreement with our results [26]. Similarly, the direct
liquid exposure of 500 μg/L of ZnO-NPs caused higher toxic effects on body bends than
500 μg/L of ZnCl2 [26]. Moreover, our results showed that impaired locomotive behaviors
and neurotoxicity in C. elegans were due to the dietary transfer of ZnO-NPs (Figure 4A,B).
The dietary transfer of Ag nanoparticles is known to disrupt the locomotion of springtails
(Collembola) [21]. Additionally, copper (Cu) nanoparticles accumulate in Daphnia magna by
dietary transfer and impair their feeding rate [61]. Therefore, various metal nanoparticles
in the environment can produce toxic effects when they are transferred to higher trophic
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levels. Although the dietary transfer of ZnO-NPs through trophic levels has been reported,
its neurotoxicity due to dietary transfer has rarely been reported. Our findings suggest that
ZnO-NPs can accumulate in C. elegans via trophic transfer, thereby impairing locomotion
behaviors. However, the mechanisms behind the locomotion defects due to the dietary
transfer of metal-based nanoparticles are unclear.

3.5. Effects of Dietary Transfer of ZnO-NPs on D-Type GABAergic Motor Neurons of C. elegans

The D-type GABAergic motor neurons are inhibitory motor neurons that control
locomotive behaviors in C. elegans [31,62]. Therefore, we investigated the effect of the
dietary transfer of ZnO-NPs on these neurons (Figure 5A) and found that they decreased the
cell bodies of D-type GABAergic motor neurons in a dose-dependent manner (Figure 5B).
The representative images of GABAergic neuron in C. elegans with different treatments
were shown in Figure S2. In addition, ZnO-NP treatment caused greater degeneration
of D-type GABAergic motor neurons than that caused by ZnCl2 (Figure 5B). Moreover, a
gap formation on the cords of the D-type GABAergic motor neurons increased due to the
dietary exposure of ZnO-NPs in a dose-dependent manner, which was more significant
than that caused by the ZnCl2 treatment (Figure 5B). Thus, dietary exposure to ZnO-NPs
significantly damages D-type GABAergic neurons in C. elegans. In addition, we have
checked the cholinergic motor neurons, which are the other motor neurons controlling
the locomotive behavior of C. elegans. The results of the gap numbers showed that there
is no significant difference between the control and treatment with ZnO-NPs or ZnCl2
(Figure S3).

Figure 5. GABAergic neuron damage resulted from dietary transfer of ZnO-NPs in C. elegans.
Transgenic strain EG1285 (unc-47p::GFP) L1-larvae were fed with ZnO-NPs or ZnCl2 pretreated E. coli
OP50 for 72 h. After exposure and washing, fluorescence images of worms were taken to determine
neural abnormalities, including neuron loss and degenerating commissures of GABAergic D-type
motor neurons. (A) Representative image for determination of GABAergic neuronal damage. White
arrows indicate normal cell bodies; red arrows indicate gaps on the neuronal cord. (B) GABAergic
neuron damage resulted from dietary transfer of ZnO-NPs. The data are shown as the mean ± SEM.
The tests were conducted at least three times independently, and 20 worms were scored per treatment
in each replicate. Statistical significance was determined by one-way ANOVA with LSD post-hoc test
and indicated by different lowercase letters (p < 0.05).

Toxic metals and nanoparticles, such as quantum dots, have been shown to adversely
affect locomotive behaviors and damage D-type GABAergic motor neurons [28,29]. Never-
theless, other nanomaterials, including graphene-based Ag ones, do not harm GABAergic
neurons [25,55]. This may be because of different toxicity mechanisms. Our results con-
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firmed that the D-type GABAergic motor neuron system was damaged in C. elegans that
were fed with ZnO-NPs pre-treated E. coli OP50 (Figure 5B), which might have contributed
to the impairment of the locomotive behaviors (Figure 4A,B). A previous study found that
exposure to ZnO-NPs also induced dopaminergic neuronal damage in zebrafish brains [63].
Additionally, exposure to ZnO-NPs resulted in neuronal damage in the brains of Wistar
rats [64]. These suggest that ZnO-NP-induced neuronal damage might not be exclusive
to C. elegans. A previous study showed that cancer cell lines were more sensitive to the
cytotoxic effects of ZnO-NPs than normal cell lines [65]. Despite the growing body of
evidence demonstrating the promising potential of ZnO-NPs in biomedical applications,
the non-selective cytotoxic effects against the various cell lines of ZnO-NPs remain contro-
versial [66]. Our findings suggest that precautions should be taken as dietary ZnO-NPs
might result in neuronal damage in vivo.

Notably, the adverse effects on the neuron system and locomotive behaviors were not
observed in the C. elegans that were fed ZnCl2 pre-treated E. coli OP50 (Figures 4 and 5),
indicating that the effects of the dietary transfer of ZnO-NPs were primarily due to particu-
late forms rather than Zn2+. The particle-specific effects of the dietary transfer of ZnO-NPs
were also observed in several studies, especially those on bioaccumulation [19,51]. The
present study further suggests that neurotoxicity caused by the dietary transfer of ZnO-NPs
is more significant than that due to ZnCl2 exposure. Previous studies have mainly reported
the accumulation of dietary ZnO-NPs in the gut, as well as mortality, reproduction, and
oxidative stress response [19,50–52]. We provided evidence that dietary ZnO-NPs can also
adversely affect the locomotion of C. elegans by causing neuronal damage in vivo. Therefore,
our findings reveal rarely reported neuronal damage induced by dietary ZnO-NP exposure.

4. Conclusions

In summary, the present study provides evidence regarding the dietary transfer of
ZnO-NPs from E. coli OP50 to C. elegans and their toxic effects on locomotive behaviors
and D-type GABAergic motor neurons. Additionally, these effects were found to be more
significant in C. elegans that were fed ZnO-NPs pre-treated E. coli OP50 than in those
exposed to ZnCl2 pre-treated E. coli OP50, which indicates that the neurotoxicity caused
by the dietary transfer of ZnO-NPs is mostly due to nanoparticles rather than Zn2+. The
results of the present study highlight the potential neurotoxicity and toxic mechanisms of
ZnO-NPs transferred through food chains.

Supplementary Materials: The following supporting information can be downloaded at: https:
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(A–C); Figure S3. Effects of ZnO-NPs and ZnCl2 on cholinergic motor neurons.
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Adsorbents: Efficiency in Ofloxacin Removal from Polluted
Waters and Ecotoxicity

Doretta Capsoni 1,2, Paola Lucini 1,2, Debora Maria Conti 1,2, Michela Bianchi 1, Federica Maraschi 1, Beatrice De

Felice 3, Giovanna Bruni 1,2, Maryam Abdolrahimi 4,5, Davide Peddis 4,6, Marco Parolini 3, Silvia Pisani 7 and

Michela Sturini 1,2,*

1 Department of Chemistry, University of Pavia, 27100 Pavia, Italy
2 C.S.G.I. (Consorzio Interuniversitario per lo Sviluppo dei Sistemi a Grande Interfase) & Department of

Chemistry, Physical Chemistry Section, University of Pavia, 27100 Pavia, Italy
3 Department of Environmental Science and Policy, University of Milan, 20133 Milan, Italy
4 Institute of Structure of Matter, National Research Council (CNR), Monterotondo Scalo, 00015 Rome, Italy
5 Dipartimento di Scienze, Università degli Studi Roma Tre, Via della Vasca Navale 84, 00146 Rome, Italy
6 Department of Chemistry and Industrial Chemistry, University of Genova, 16146 Genova, Italy
7 Department of Otorhinolaryngology, Fondazione IRCCS Policlinico San Matteo, 27100 Pavia, Italy
* Correspondence: michela.sturini@unipv.it; Tel.: +39-0382-987347

Abstract: The present work aimed at decorating halloysite nanotubes (HNT) with magnetic Fe3O4

nanoparticles through different synthetic routes (co-precipitation, hydrothermal, and sol-gel) to
test the efficiency of three magnetic composites (HNT/Fe3O4) to remove the antibiotic ofloxacin
(OFL) from waters. The chemical–physical features of the obtained materials were characterized
through the application of diverse techniques (XRPD, FT-IR spectroscopy, SEM, EDS, and TEM
microscopy, thermogravimetric analysis, and magnetization measurements), while ecotoxicity was
assessed through a standard test on the freshwater organism Daphnia magna. Independently of the
synthesis procedure, the magnetic composites were successfully obtained. The Fe3O4 is nanometric
(about 10 nm) and the weight percentage is sample-dependent. It decorates the HNT’s surface and
also forms aggregates linking the nanotubes in Fe3O4-rich samples. Thermodynamic and kinetic
experiments showed different adsorption capacities of OFL, ranging from 23 to 45 mg g−1. The
kinetic process occurred within a few minutes, independently of the composite. The capability of the
three HNT/Fe3O4 in removing the OFL was confirmed under realistic conditions, when OFL was
added to tap, river, and effluent waters at μg L−1 concentration. No acute toxicity of the composites
was observed on freshwater organisms. Despite the good results obtained for all the composites,
the sample by co-precipitation is the most performant as it: (i) is easily magnetically separated from
the media after the use; (ii) does not undergo any degradation after three adsorption cycles; (iii) is
synthetized through a low-cost procedure. These features make this material an excellent candidate
for removal of OFL from water.

Keywords: magnetite-halloysite composites; magnetic sorbent materials; fluoroquinolone antibiotic;
adsorption; wastewater treatment; magnetic remediation; emerging contaminants; ecotoxicity

1. Introduction

In the current scenario of water shortage, there is an urgent need to favor water loops.
For this purpose, preserving and guaranteeing water quality is mandatory, as reclaimed
water can be directly reused and re-enter natural water bodies [1]. A critical aspect of
water quality is represented by xenobiotics, such as heavy metals, dyes, pesticides, etc.,
detected in natural water bodies, also at trace levels, because of their recalcitrance in
conventional wastewater treatment plants (WWTPs) [2]. In particular, pharmaceuticals and
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personal care products (PPCPs) have attracted the attention of the scientific community and
civil society because of their widespread diffusion in the environment and their potential
toxicity towards humans and ecosystems [3,4]. Although the current levels of PPCPs
in aquatic ecosystems can be considered as low, they pose a severe threat for aquatic
organisms because of their high biological activity and peculiar mechanism(s) of toxic
action [4]. Among PPCPs, a remarkable concern is due to antibiotics whose presence
in water ecosystems has been identified to affect natural microbial communities and to
stimulate multi-resistant bacteria and antibiotic resistance genes, which pose serious risks
to human and veterinary health [4,5]. To tackle the rising threats induced by the release of
antibiotics, a recent action plan has proposed developing innovative strategies to reduce
the diffusion of these emerging contaminants [6]. Over the last years, many research efforts
have been made to develop sustainable and low-cost processes, easily implementable
to conventional WWTPs and efficient in antibiotic removal from wastewater [7]. In this
context, adsorption is a convenient method in terms of low energy consumption, reuse of
the adsorbent material, no production of toxic by-products, and reduced waste production
after treatment [8,9].

Many materials, both bare and functionalized, have been tested for water and wastew-
ater decontamination, including activated carbon, nanomaterials, biopolymers, clays, agri-
culture and industrial wastes, and other natural sorbents [10–13].

The use of natural sorbents in the adsorption process [14–16] offers even more advan-
tages, as they are abundant, low-cost, non-toxic, easy to modify, and competitive in water
remediation compared to most conventional adsorbents [8,12,14].

Nanoclay materials surely fit the advantages mentioned above as sorbents to remove
various pollutants, such as heavy metals, pesticides and antibiotics [17,18]. Among nan-
oclays, those displaying a tubular structure are even more intriguing, due to their additional
properties related to the nanoscale dimension, cylindrical hollow form, and porosity. The
halloysite nanotubes (HNTs) pertain to these nanoclays. Halloysites are aluminosilicates
belonging to the kaolin group, with the chemical formula Al2Si2O5(OH)4 · n H2O. Two hal-
loysite forms are reported in the literature, depending on the moles of hydrating molecules
and the d001 basal spacing: halloysite-(10 Å) is the di-hydrated form [19], and halloysite-
(7 Å) is the anhydrous one. The latter form is the most common, due to the easy release
of the halloysite water molecules at ambient conditions [20]. The halloysite structure is
based on corner-sharing SiO4 tetrahedra sheets connected via oxygens to edge-sharing
AlO6 octahedra ones [21,22]. The mismatch of the larger SiO4 tetrahedra and the smaller
AlO6 octahedra accounts for the local stress on the atomic scale of the aluminosilicate layer,
inducing its wrapping and the nanotubes’ morphology [22]. The nanotube typically dis-
plays lengths of 0.4–1 μm, an outer diameter of 20–200 nm, and an inner lumen diameter of
10–70 nm [23]. The siloxane (Si-O-Si) groups form the negatively charged outer surface, and
the aluminol groups (-OH and Al-OH) form the positively charged inner one [24,25]. The
peculiar physical and chemical features reported above make the HNTs suitable candidates
for applications in various fields, including controlled drug release, nanotemplating, and
adsorption. They are also employed as catalyst support and nanocomposites [26].

It is well known that the separation of the nanosorbent phase after pollutants removal
is not a trivial challenge. A feasible and low-cost approach is to decorate the adsorbent
material with magnetic nanoparticles to make it easily magnetically recovered. Some
examples on the synthesis of halloysite–magnetite composites by co-precipitation, thermal
decomposition, and solvothermal approaches are reported in the literature [27–30], and
these materials are not yet investigated for water depollution.

Another key point to optimize before the application of nanomaterials in water reme-
diation processes concerns the investigation of potential environmental and human risks
associated with their use. The characterization of nanomaterials should have to include
not only the assessment of any transformation occurring in environmental media, from its
inclusion into a polluted site to the removal (or degradation) after the remediation of the tar-
get pollutant [31], but also the potential toxicity towards aquatic organisms. Ecotoxicology
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can provide useful tools to assess the risk related to nanomaterials and to select eco-friendly
and sustainable ones for water remediation [32,33]. The application of standard and/or
novel ecotoxicological tests completes the characterization of nanomaterials through the
identification of possible toxicological targets and sheds light on the mechanism(s) of toxic
action in aquatic species at different levels of the ecological hierarchy [34].

In the present study, we synthesized HNT/Fe3O4 nanocomposites by using three
different approaches: co-precipitation, sol-gel, and hydrothermal. Each material was
characterized by FT-IR spectroscopy, X-ray powder diffraction (XRPD), scanning electron
and transmission electron microscopy (SEM and TEM), energy dispersive spectroscopy
(EDS), thermogravimetric analysis (TGA), and magnetization measurements. Moreover,
the magnetite and halloysite amount in each sample was evaluated by EDS, TGA, and
magnetization data. Lastly, potential ecotoxicity of these materials towards aquatic organ-
isms was tested on the freshwater Cladoceran Daphnia magna according to the Daphnia sp.
Acute Immobilization Test, OECD 202 guideline (OECD, 2004). Adsorption properties and
mechanism of each nanocomposite were investigated, and compared with the commercial
halloysite. The antibiotic ofloxacin (OFL) was chosen as the target molecule to assess the
adsorption efficiency of HNT/Fe3O4 nanocomposites for different reasons: (i) it is a very
useful antibacterial agent belonging to the last class of antibiotics; (ii) it is largely detected
in wastewaters and surface waters [3]; (iii) it is a recalcitrant to biological degradation [35];
(iv) it maintains a certain antibacterial activity after the first steps of its degradation [35];
(v) it has been used in our previous studies regarding both fluoroquinolones’ environmental
fate and their removal by adsorption processes [36–41]. The suitability of three materials for
OFL removal under environmental conditions, i.e., tap and river waters, and wastewater
treatment plant (WWTP) effluent, was also verified.

2. Materials and Methods

2.1. Materials

All the chemicals employed were reagent grade or higher in quality. HNT, FeCl3·6H2O,
FeSO4·7H2O, Fe(NO3)3·9H2O, ammonia solution (NH3 H2O), sodium acetate (CH3COONa),
ethylene glycol (C2H6O2), ethanol (EtOH), glucose (C6H12O6), and OFL were purchased
from Merck (Milano, Italy).

High-performance liquid chromatography (HPLC) gradient-grade acetonitrile (ACN)
was purchased by VWR International (Milano, Italy), H3PO4 (85% w/w), and water for
liquid chromatography/mass spectrometry (LC/MS) by Carlo Erba Reagents (Cornaredo,
Milano, Italy).

2.2. Synthesis

Halloysite nanotubes–magnetite composites (HNT/Fe3O4) and magnetite alone (Fe3O4)
were synthesized by co-precipitation, sol-gel, and hydrothermal routes, as follows.

Table 1 summarizes the synthesis approaches and the sample names.

Table 1. Scheme of the synthesis procedures and samples names.

Synthesis
Procedure

Sample Sample Name

Coprecipitation magnetite
halloysite g–magnetite

Fe3O4-C
HNT/Fe3O4-C

Sol-gel magnetite
halloysite–magnetite

Fe3O4-SG
HNT/Fe3O4-SG

Hydrothermal magnetite
halloysite–magnetite

Fe3O4-H
HNT/Fe3O4-H
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2.2.1. Co-Precipitation Procedure

The HNT/Fe3O4-C sample was synthesized following the procedure of Xie et al. [27].
An amount of 0.5 g of HNT was added to an aqueous solution of 4.32 mmol of FeCl3·6H2O
and 2.16 mmol of FeSO4·7H2O. The suspension was heated at 60 ◦C under N2 flux, and an
8 M ammonia solution was added dropwise to reach pH 9–10. The suspension was further
heated for 4 h at 70 ◦C, then the solid was magnetically recovered, washed three times, and
dried for 3 h at 100 ◦C. The same procedure was applied to synthesize the Fe3O4 alone
(sample Fe3O4-C), by omitting the addition of HNTs.

2.2.2. Sol-Gel Procedure

The HNT/Fe3O4-SG sample was synthesized as reported by He et al. [29]. An amount
of 1 g of HNT was dispersed in an ethanol solution containing 1.98 mmol of Fe(NO3)3·9H2O.
The dispersion was sonicated, stirred 24 h at room temperature and dried for 24 h at 35 ◦C.
An amount of 2 mL of ethylene glycol was added, and the sample was heated for 2 h at
400 ◦C under N2 flux (N2 99.999%; flow rate: 3 L h−1; heating and cooling rate: 5 ◦C min−1).
The same procedure was applied to synthesize the Fe3O4 alone (sample Fe3O4-SG), by
omitting the addition of HNTs.

2.2.3. Hydrothermal Procedure

HNT/Fe3O4-H sample was synthesized following the procedure of Tian et al. [30],
with some modifications. The procedure consists of two hydrothermal steps: the former
to prepare HNT enriched with a carbonaceous component, and the latter to decorate it
with magnetite. An amount of 0.5 g of HNT was added to a glucose solution (10 g L−1)
and magnetically stirred. The dispersion was poured into a Teflon-lined stainless-steel
autoclave and heated for 48 h at 160 ◦C. The obtained product was washed 5 times in
ethanol, centrifuged, and dried for 18 h at 60 ◦C under vacuum. An amount of 0.5 g of the
final product was added to a solution containing 3 mmol of FeCl3·6H2O in ethylene glycol.
After stirring for 24 h, 1.8 g of sodium acetate and 0.5 g of ethylene glycol were added, and
the dispersion was poured into a Teflon-lined stainless-steel autoclave and heated for 8 h at
200 ◦C. The obtained magnetic composite was washed with distilled water and dried for
12 h at 80 ◦C. The procedure of the second step was also applied to synthesize the Fe3O4
alone (sample Fe3O4-H), by omitting the addition of HNTs.

2.2.4. Characterization Techniques

X-ray powder diffraction measurements were performed using a Bruker D5005 diffrac-
tometer (Bruker, Karlsruhe, Germany) with the CuKα radiation, graphite monochromator,
and scintillation detector. The patterns were collected in the 7–80◦ two-theta angular range,
step size of 0.03◦, and a counting time of 20 s/step. A silicon low-background sample
holder was used.

FT-IR spectra were obtained with a Nicolet FT-IR iS10 Spectrometer (Nicolet, Madison,
WI, USA) equipped with ATR (attenuated total reflectance) sampling accessory (Smart iTR
with ZnSe plate) by co-adding 32 scans in the 4000–650 cm−1 range at 4 cm−1 resolution.

Thermogravimetric measurements were performed by a TGA Q5000 IR apparatus
interfaced with a TA 5000 data station (TA Instruments, Newcastle, DE, USA). The sam-
ples were scanned at 10 ◦C min−1 under nitrogen flow (45 mL min−1) in the 20–850 ◦C
temperature range. Each measurement was repeated at least three times.

The specific surface area and porosity were investigated by N2 adsorption using the
BET method in a Sorptomatic 1990 Porosimeter (Thermo Electron, Waltham, MA, USA).

SEM measurements were performed using a Zeiss EVO MA10 (Carl Zeiss, Oberkochen,
Germany) Microscope, equipped with an Energy Dispersive Detector for the EDS analysis.
The SEM images were collected on gold-sputtered samples. HR-SEM images were taken
from an FEG-SEM Tescan Mira3 XMU. Samples were mounted onto aluminum stubs using
double sided carbon adhesive tape and were then made electrically conductive by coating
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in vacuum with a thin layer of Pt. Observations were made at 25 kV with an In-Beam SE
detector at a working distance of 3 mm.

TEM micrographs were carried out on a JEOL JEM-1200 EX II (JEOL Ltd., Tokio, Japan)
microscope operating at 100 kV high voltage (tungsten filament gun) and equipped with a
TEM CCD camera Olympus Mega View III (Olympus soft imaging solutions (OSIS) GmbH,
from 2015 EMSIS GmbH, Munster, Germany) with 1376 × 1032 pixel format. The samples
were prepared by drop-casting the solution on nickel grids formvar/carbon coated.

Dynamic light scattering (DLS)—Nicomp 380 ZLS (Particle Sizing Systems, Lakeview
Blvd. Fremont, CA, USA) was used. For analyses, samples were diluted 1:10 in MilliQ
water. The main parameters set up were: channel 10, intensity 100 kHz, temperature 23 ◦C,
viscosity 0.933 cPoise, and a liquid index of refraction 1.333. The values considered at the
end of the analyses were: mean diameter (nm), standard deviation, and Zeta potential (mV).

To investigate the magnetic behavior of the materials, field dependence of magnetiza-
tion was investigated using a vibrating sample magnetometer (VSM Model 10–Microsense)
equipped with an electromagnetic producing magnetic field in the range ±2 T.

2.3. Adsorption Experiments and Analytical Measurements
2.3.1. Adsorption and Kinetic Experiments

OFL adsorption on HNT/Fe3O4-C, HNT/Fe3O4-SG, HNT/Fe3O4-H, and commercial
HNT was studied by a batch method. For adsorption equilibrium experiments, 20 mg
of each material was suspended in 10 mL of tap water spiked with OFL in the range
of 25–200 mg L−1. Flasks were wrapped with aluminum foil to prevent light-induced
drug decomposition and shaken for 24 h at room temperature with an orbital shaker.
Subsequently, the suspensions were magnetically separated, and the supernatants were
filtered (0.22 μm) and analyzed by UV-vis spectrophotometer at 287 nm to determine the
antibiotic concentration in solution at equilibrium (Ce). The adsorbed OFL amount at
equilibrium (qe, mg g−1) was calculated by Equation (1):

qe =
(C0 − Ce) · V

m
(1)

where C0 is the initial OFL concentration (mg L−1), Ce is the drug concentration in solution
at equilibrium (mg L−1), V is the volume of the solution (L), and m is the amount of the
sorbent material (g).

For the kinetic experiments, 20 mg of each material were suspended in 10 mL of
20 mg L−1 OFL tap water solution. Falcon tubes, wrapped with aluminum foil, were
shaken by a roller shaker and, at selected times, the adsorbent was magnetically treated.
Then, a few mL of the supernatant were collected, filtered (0.22 μm) in a quartz cuvette,
and analyzed by a UV spectrophotometer at 287 nm. The analyzed solution was recovered
to keep the suspension volume constant for all experiments. The adsorbed OFL amount at
time t (qt, mg g−1) was calculated as (Equation (2)):

qt =
(C0 − Ct) · V

m
(2)

where C0 is the initial OFL concentration (mg L−1), Ct is the drug concentration in solution
at time t (mg L−1), V is the volume of the solution (L), and m is the amount of the sorbent
material (g).

All experiments were performed in duplicate. The thermodynamic and kinetic pa-
rameters were estimated by dedicated software (OriginPro, Version 2019b. OriginLab
Corporation, Northampton, MA, USA).

The well-known Langmuir’s and Freundlich’s isotherm models were applied to fit the
experimental data. The Langmuir model (Equation (3)) describes the adsorption process
that takes place on specific homogeneous sites and in a monolayer on the material surface:

qe =
qmKLCe

1 + KLCe
(3)
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where KL is the Langmuir constant and qm is the monolayer saturation capacity.
The Freundlich model defines non-ideal adsorption on the heterogeneous surface, and

Equation (4) expresses it:
qe = KFC1/n

e (4)

where KF is the empirical constant indicative of adsorption capacity, and n is the empirical
parameter representing the adsorption intensity.

The time-dependent data were fitted by pseudo-first-order (Equation (5)) and pseudo-
second-order kinetic (Equation (6)) models:

qt = qe(1 − ek1t) (5)

qt =
q2

e k2t
1 + qek2t

(6)

where qt and qe are the drug adsorbed amount at time t and equilibrium, respectively, and
k1 and k2 are the pseudo-first-order and the pseudo-second-order rate constants.

2.3.2. Analytical Measurements

For OFL analysis at mg L−1, a UV-vis UVmini-1240 spectrophotometer (Shimadzu
Corporation) was used. The instrument was set at 287 nm, corresponding to the maxi-
mum OFL absorption. Calibration in the range of 1–10 mg L−1 yielded optimal linearity
(R2 > 0.9988). The quantification limit was 0.8 mg L−1.

HPLC system consisting of a pump Series 200 (Perkin Elmer, Milano, Italy) equipped
with a vacuum degasser and a programmable fluorescence detector (FD) was used for
OFL analysis at μg L−1. The fluorescence excitation/emission wavelengths selected were
280/450 nm. Fifty μL of each sample were filtered (0.22 μm nylon syringe filter) and injected
into a 250 × 4.6 mm, 5 μm Ascentis RPAmide (Supelco-Merck Life Science, Milano, Italy)
coupled with a similar guard-column. The mobile phase was 25 mM H3PO4—ACN (85:15),
and the flow rate 1 mL min−1. Calibration in the range 1–20 μg L−1 yielded optimal
linearity (R2 > 0.9988). The quantification limit was 0.9 μg L−1.

2.4. Acute Toxicity Tests with Daphnia magna

The potential acute toxicity of the different materials, i.e., HNT, Fe3O4-C, and HNT/Fe3O4-
C, was tested on the freshwater Cladoceran Daphnia magna according to the Daphnia sp.
Acute Immobilization Test, OECD 202 guideline (OECD, 2004). Adult Daphnia magna indi-
viduals were cultured (30 individuals/L) in a commercial mineral water (San Benedetto®)
under controlled laboratory conditions reported elsewhere [42]. Five replicates containing
ten daphnids (i.e., <24 h old individuals) each were performed per each experimental
condition, including control. In detail, daphnids were exposed for 48 h at 20 ± 0.5 ◦C
and 16 h light: 8 h dark photoperiod under static, non-renewal conditions to 0.2 g L−1 of
the materials. A single concentration mimicking the amount of residues in waters after
depollution treatment was tested. This concentration reflected the amount of each material
used in the experiments aimed at investigating their capability in the removal of OFL.
The viability of individuals was tested after 24 and 48 h of exposure. Individuals were
considered dead when they did not swim for over 15 s after a slight stirring of the solutions.
After checking for viability, all the individuals were observed under a Leica Microsystem
EZ4 Stereoscopic microscope to check for the ingestion of materials by daphnids.

3. Results and Discussion

First, structure, morphology, composition, magnetic behavior, adsorption capacity,
and adsorption kinetics of the magnetic HNT composites and the commercial HNT were
investigated. Then the materials were tested under environmental conditions to remove
the antibiotic OFL chosen as being representative of emerging contaminants. In addition,
their potential ecotoxic effects, along with reusability, were evaluated.
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3.1. Morphological, Structural, and Magnetic Characterization

Figure 1a shows the XRPD pattern of the commercial halloysite. It compares to those
reported in the literature [27,30,43,44] and deposited in JCPDS database (PDF# 028-1487).
The peak detected at about 12◦ corresponds to the d001 basal spacing of 7.35 Å, peculiar of
the anhydrous form (halloysite-(7 Å)). The (002) reflection is observed at about 24◦. The
peaks at 20◦ and 62.8◦ are typical of halloysites with nanotubular morphology [44,45]. No
peaks are detected at about 8.8◦, assigned to the d001 basal spacing of the di-hydrated
halloysite (halloysite-(10 Å)). This is consistent with the easy loss of the interlayer water
molecules near room temperature [46]. The very sharp reflections observed at 10.1, 26.6, and
27.3◦ are attributed respectively to the small amount of kaolinite 1A (PDF# 074-1786), quartz
(PDF# 046-1045), and rutile (PDF# 021-1276); these impurity phases are often detected in
halloysite clay minerals.

(a) 

(b) 

(c) 

Figure 1. XRPD patterns of (a) commercial HNT, (b) Fe3O4, and (c) HNT/Fe3O4 composites, Fe3O4

and HNT.

21



Nanomaterials 2022, 12, 4330

Figure 1b displays the XRPD pattern of the Fe3O4 samples obtained by the three
synthetic routes. The 2-theta reflection positions fairly agree with those expected for
the magnetite structure (PDF# 088-0315). The iron oxide phase has been successfully
synthesized, and no impurity phases are detected within the detection limit of the technique.
The iron oxide samples are nanocrystalline: a crystallite size of 10, 13, and 8 nm was
calculated for Fe3O4-C, Fe3O4-SG, and Fe3O4-H samples by applying the Scherrer equation
to the 311 reflection.

Figure 1c displays the diffraction pattern of the magnetite–halloysite composites.
The diffraction patterns of the commercial halloysite and the Fe3O4-C sample (chosen as
reference for the magnetic phase), are also shown for comparison. The three composite
samples display the peaks of both the magnetite and the halloysite phases, thus confirming
the successful formation of the magnetite–halloysite adduct. An investigation of the
magnetite crystallite size in the composites by applying the Scherrer equation could not
be carried out, due to the strong overlap of the 311 reflection of the magnetite phase to
the broad peaks of halloysite in the 33–40◦ 2 theta range. Nonetheless, the comparable
peaks broadening of the magnetite phase in the composites and in the Fe3O4 samples
suggests nanocrystalline magnetite is obtained also in the HNT/Fe3O4 samples. The
peaks’ intensity of halloysite and magnetite in the composite samples returns an idea
on the phases amount in each sample. The peaks’ intensity of halloysite decreases and
Fe3O4 increases progressively from HNT/Fe3O4-SG to HNT/Fe3O4-H and HNT/Fe3O4-C,
suggesting that the magnetite and halloysite amounts in the composite samples depend on
the synthesis route.

The FT-IR spectra of the commercial halloysite and the HNT/Fe3O4 composites are
shown in Figure 2. The spectrum of the commercial HNT well compares to the literature
ones [27,29,30,43]. The bands centered at about 3622 and 3707 cm−1 are attributed to the
stretching vibrations of the Al-OH of the HNT inner surface, while the small peaks at about
3545 and 1641 cm−1 to the stretching and banding of the H2O molecules in the interlayer.
This result puts into evidence the possible presence of small amount of the hydrated form
(halloysite-(10 Å)) in the commercial halloysite, below the detection limit of XRPD. The
bands at about 1031, 794, and 689 cm−1 are attributed to the Si-O stretching modes, the one
at about 918 cm−1 to the Al-OH ones. In the FT-IR spectra of the HNT/Fe3O4 composites
(Figure 2b), all the halloysite bands are detected. As for the Fe3O4 phase, only one broad
band centered at about 3435 cm−1 attributed to OH-bending of hydroxyl groups was
observed [43]. This broad band was not detected in the HNT/Fe3O4-SG sample, displaying
a high amount of halloysite and a few magnetites (see XRPD results).

  
(a) (b) 

Figure 2. FT-IR spectra of (a) the commercial halloysite, and (b) the HNT/Fe3O4 composites.

The SEM images of the commercial HNT are shown in Figure S1a,b. The sample
displayed 2–10 μm agglomerates of nanotubular particles, better highlighted in TEM
micrographs (Figure 3a,b). The nanotubes exhibited an external diameter of 60–70 nm, a
lumen of 20–30 nm, and variable length, from a few hundred nanometers to 1–2 μm. The
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DLS results showed a bimodal particle size distribution. The mean particle size is reported
in Table S1.

  
(a) (b) 

Figure 3. TEM images of the commercial halloysite sample at magnifications of (a) 75 kX and (b) 100 kX.

Figure S2 shows the SEM micrographs of the HNT/Fe3O4 composites synthesized
by co-precipitation (Figure S2a,b), hydrothermal (Figure S2c,d), and sol-gel (Figure S2e,f)
routes. All the composites displayed micrometric nanotubular particles, whose morphology
well compares to the HNT sample one (Figure S1a,b). In addition, nanometric rounded
aggregates, possibly due to the magnetite phase, were observed on the nanotubes surface
and between the nanotubes, interconnecting them; they were mainly detected in the
HNT/Fe3O4-C sample (Figure S2a,b) which was richer in magnetite, as suggested by XRPD
and FT-IR results.

Figure 4 displays the TEM images of the HNT/Fe3O4 composites and Fe3O4 samples
synthesized by co-precipitation (Figure 4a–c), hydrothermal (Figure 4d–f), and sol-gel
(Figure 4g–i) routes. Independent of the applied synthesis, both rounded Fe3O4 nanometric
particles and halloysite nanotubes were observed in the HNT/Fe3O4 composites. Note-
worthy, the Fe3O4 amount was high in the HNT/Fe3O4-C sample (Figure 4a,b); it covered
the nanotubes’ surface, but also formed aggregates linking the nanotubes. This was also
slightly observed in the HNT/Fe3O4-H sample. The Fe3O4 agglomerates were mainly
observed on the tips of nanotubes. As reported by Tian et al. [30], the synthetic strategy
based on the use of glucose in the first step favored the formation of carbon/organic groups
on the HNT surface and on the tip of nanotubes, acting as nucleation centers for the Fe3O4
nanoparticles. As for the HNT/Fe3O4-SG sample, it displayed a lower amount of magnetite
(see XRPD and FT-IR results), and the Fe3O4 nanoparticles only decorated the nanotubes’
surface. The size and shape of the magnetite nanoparticles in the composites (about 10 nm)
well compared to the Fe3O4 samples (Figure 4c,f,i) for the Fe3O4-C, Fe3O4-H, and Fe3O4-SG
respectively), and fairly agreed with the crystallite size evaluated by XRPD data. In both
the magnetite and composite samples, the Fe3O4 nanoparticles aggregate; particle size
distribution was evaluated by DLS analysis and reported in Table S1. The Fe3O4-C sample
displayed wide particle size distribution. The HNT/Fe3O4-C and NHT/Fe3O4-SG sam-
ples displayed particle size >900 nm, slightly similar to the larger ones of the commercial
halloysite. Instead, the HNT/Fe3O4-H composite displayed lower particle size. To better
characterize the tendency of particles to aggregate and to investigate particles’ surface
charge changes, zeta-potential was evaluated. Commercial HNT exhibits a negative zeta-
potential of −31.77 mV; this value confirms that the outer nanotube surface is negatively
charged and is in good agreement with the literature data [47].
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(a) (b) (c) 

   
(d) (e) (f) 

   
(g) (h) (i) 

Figure 4. TEM images of the HNT/Fe3O4 and magnetite samples. HNT/Fe3O4-C at magnifications
of (a) 150 kX and (b) 50 kX: Fe3O4-C (c) at 150 kX; HNT/Fe3O4-H at (d) 100 kX and (e) 200 kX;
Fe3O4-H (f) at 200 kX; HNT/Fe3O4-SG at (g) 50 kX and (h) 200 kX; Fe3O4-SG (i) at 150 kX.

The Fe3O4-C sample (chosen as reference of the magnetite samples) exhibits a zeta-
potential of −7.16 mV, comparable to the literature values [48]; this value is not sufficient to
achieve a stable suspension, and justifies particle aggregation (see TEM and DLS results).

Zeta-potential values of −36.36, −12.89 and −112.02 mV are obtained for HNT/Fe3O4-
C, HNT/Fe3O4-SG and HNT/Fe3O4-H composites. The sample prepared by the hydrother-
mal process displays the most negative zeta-potential value; this may be due to the carbona-
ceous component (see TEM results and Section 3.2.) and explains the improved stability of
the suspension and the lower mean particle size, as shown by DLS results.

The EDS analysis was applied to display the distribution map of halloysite and mag-
netite in each composite sample and to evaluate the weight percentage. Figures S3–S5
show the distribution maps of Al, Fe, and Si for the HNT/Fe3O4-C, HNT/Fe3O4-H, and
HNT/Fe3O4-SG samples. Independently of the synthetic route, Al and Si were detected in
the same areas. The Fe distribution was rather homogeneous in the sol-gel and hydrother-
mal samples (Figures S4 and S5, respectively), but also in some regions in which Fe prevails
were detected. In the co-precipitation composite, Fe prevailed in areas poor in Al and Si,
thus confirming the presence of magnetite aggregates connecting the halloysite particles.

From the EDS analysis, the Al, Si, and Fe atomic percentages were evaluated. Al:Si:Fe
molar ratios of 5.25:5.15:20.33, 5.11:5.03:4.62, and 12.36:13.35:3.46 were obtained for the
HNT/Fe3O4-C, HNT/Fe3O4-H, and HNT/Fe3O4-SG samples, respectively. According
to the halloysite chemical formula, equimolar values of Al and Si were detected in each
sample. The molar ratios obtained by EDS were used to calculate halloysite and magnetite
weight percentage in each composite: the results are shown in Table 2.
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Table 2. Halloysite and magnetite weight percentages evaluated by EDS, TGA, and magnetization data.

Sample Halloysite (wt%) Magnetite (wt%)

EDS TGA Magnetization EDS TGA Magnetization

HNT/Fe3O4-C 30 29 12 70 71 88

HNT/Fe3O4-H 65 65 68 35 35 32

HNT/Fe3O4-SG 85.5 83 93 14.5 17 7

The halloysite amount in the HNT/Fe3O4 composites was also calculated by thermo-
gravimetric analyses. The thermograms of commercial HNT and composites are shown
in Figure 5. The halloysite TG curve (Figure 5a) well compared to the literature data [27].
The mass loss detected at low temperature (below 250 ◦C) was ascribed to the release of
physisorbed water molecules. The steep mass loss observed at about 450 ◦C gave more
insight, as it is due to the dehydroxylation process of the structural Al-OH groups of the
aluminosilicate layers. A weight loss of 13.95% was calculated from halloysite stoichiometry.
The mass loss detected in the commercial HNT was about 14.60%, in fair agreement with the
calculated value. Figure 5b–d show the thermograms of the HNT/Fe3O4-C, HNT/Fe3O4-H,
and HNT/Fe3O4-SG samples, respectively. Different mass losses were detected at low
temperature (below 250 ◦C), depending on the amount of the physisorbed water, then a
sample-dependent steep mass loss occurs at about 450 ◦C. As reported by Xie et al. [27],
this mass loss can be compared to the HNT sample one (14.60%) to evaluate the halloysite
weight percentage in each composite. The results are reported in Table 2; the halloysite
weight percentages well compared to the values obtained by EDS analysis.

(a) (b) 

 
(c) (d) 

Figure 5. TGA curves of (a) commercial HNT (b) HNT/Fe3O4-C, (c) HNT/Fe3O4-H, and
(d) HNT/Fe3O4-SG samples.
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Field dependence of magnetization was investigated for all the samples at 300 K
(Figure 6a,b).

Figure 6. Field dependence of magnetization at 300 K for the (a) bare Fe3O4 nanoparticles syn-
thetized by coprecipitation (Fe3O4-C) sol-gel (Fe3O4-SG) and hydrothermal methods (Fe3O4-H) and
(b) HNTs/Fe3O4 nanocomposites. The insets are zoom of the coercive field region.

For bare nanoparticles prepared with co-precipitation and sol-gel synthesis methods
(Figure 6a), negligible value of reduced remanence magnetization (Mr/Ms) and small value
of coercivity were obtained (Table 3), suggesting that at 300 K most of the nanoparticles
were in a superparamagnetic state and just a small fraction of nanoparticles showed a
quasi-static behavior. While the zero coercivity in the nanoparticles synthesized with
the hydrothermal procedure indicated that all nanoparticles were in a supermagnetic
state. Fe3O4-C and Fe3O4-SG samples showed a weak non-saturating character at high
field, with respect to the Fe3O4-H sample. Due to the small difference in size between
the samples, a non-saturating character showed by samples prepared by sol-gel and co-
precipitation techniques can be ascribed to an increase in surface anisotropy, probably
due to the presence of magnetic disorder (i.e., canted spin) [49,50] at the particles’ surface.
This hypothesis was also confirmed by the decrease in MS in SG and C samples. All
the HNT nanocomposites showed a decrease in MS with respect to bare nanoparticles in
qualitative agreement with TGA and EDS measurements. This behavior confirmed that
the amount of magnetic phase decreases along the order Fe3O4-C, Fe3O4-SG, and Fe3O4-H.
From a quantitative point of view, if the agreement among magnetization measurements,
TGA and EDS, was pretty good for Fe3O4-SG and Fe3O4-H, a difference was observed for
Fe3O4-C nanocomposite. In particular, the particles prepared by co-precipitation looked to
decrease their MS when prepared as nanocomposites. This can be ascribed to a decrease
in nanoparticles’ crystallinity that can be observed in the co-precipitation synthesis with
respect to hydrothermal and sol-gel syntheses [51,52].
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Table 3. Saturation magnetization MS, reduce remanence magnetization (Mr/MS) and co-
ercive field (μ0HC) of Fe3O4-C, Fe3O4-SG, Fe3O4-H, HNT/Fe3O4-C, HNT/Fe3O4-SG, and
HNT/Fe3O4-H samples.

Samples Ms (Am2 kg−1) Mr/Ms μ0HC (Oe)

Fe3O4-C 70 (5) 0.03 (2) 16 (2)
HNT/Fe3O4-C 37 (4) 0.06 (2) 19 (4)

Fe3O4-SG 56 (3) 0.04 (2) 25 (4)
HNT/Fe3O4-SG 6 (2) 0.05 (2) 16 (3)

Fe3O4-H 83 (3) 0.06 (3) 32 (5)
HNT/Fe3O4-H 13 (5) 0 0

It is well known that the adsorption capacity of the materials is strictly related to
their specific surface area [53]. The BET method was applied to investigate the specific
surface area of the commercial halloysite and the three HNT/Fe3O4 composites. The
values of 58.20, 57.66, 52.15, and 54.56 m2 g−1 were obtained for the commercial HNT,
HNT/Fe3O4-C, HNT/Fe3O4-H, and HNT/Fe3O4-SG samples, respectively. The pore
specific volume was also evaluated, and values of 0.19, 0.26, 0.16, and 0.27 cm3 g−1 were
obtained. These results suggest that the deposition of the magnetite nanoparticles on the
nanotubular halloysite surface did not affect the halloysite surface area and pore volumes.
The obtained values fairly agreed with the literature data for halloysite nanotubes (surface
areas: 22.1–81.6 m2 g−1; pore volumes: 0.09–0.25 cm3 g−1) [22].

3.2. Preliminary Adsorption Experiments

Before starting the adsorption experiments, control samples (20 mg HNT/Fe3O4 or
HNT, 10 mL tap water), not containing OFL, were shaken for 24 h at room temperature.
Then, the supernatants were magnetically separated for the pH measurement and analyzed
by UV-vis spectrophotometer and HPLC-FD to check the instrumental baseline.

A pH value of 7.7–7.8, similar to that of natural waters, was measured in all samples,
thus no additional pH adjustment was performed.

The background noise level was satisfactory for the commercial HNT, HNT/Fe3O4-C, and
HNT/Fe3O4-H. On the contrary, HNT/Fe3O4-SG was rinsed with EtOH in an ultrasonic
bath for 10 min, centrifuged for 5 min at 4000 rpm, separated, and dried at 50 ◦C for 1.5 h.
The washing step was repeated twice to obtain a good signal-to-noise ratio.

3.3. Isotherm and Kinetic Studies

The behavior of the three magnetic HNT composites was evaluated through thermo-
dynamic and kinetic experiments carried out under controlled conditions (see Section 2.3.1)
and compared with the commercial HNT.

Adsorption isotherms are commonly used to describe the adsorption process in terms
of maximum uptake and the relationship between the amount of adsorbed analyte (qe) and
its concentration in solution at equilibrium (Ce).

To fit the experimental data, the Langmuir and Freundlich models were considered.
As shown in Figure 7, the Langmuir model gave the best fitting of the experimental data.
Figure 7 shows that all materials were able to adsorb the antibiotic, although the

maximum adsorption capacities were quite different. In detail, the highest value, 45 mg g−1,
was obtained for HNT/Fe3O4-H, while the lowest value was obtained for HNT/Fe3O4-C,
which was equal to 23 mg g−1. The HNT/Fe3O4-SG sample had an intermediate value of
31 mg g−1, close to the commercial HNT (30 mg g−1). This trend can be due to both the
different amount of HNT present in the samples, ranging from about 30% in HNT/Fe3O4-C
to more than 80% in HNT/Fe3O4-SG (see Table 2), and to the possible presence of some
carbonaceous component related to the glucose added during HNT/Fe3O4-H synthesis. In
fact, as reported by Tian et al. [30], the carbon/organic groups formed on the HNTs not only
favor the Fe3O4 nanoparticle nucleation, but also may improve the analyte adsorption. On
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the contrary, no difference in the adsorption mechanism was observed among all materials.
The Langmuir model, which describes a monolayer coverage, gives the best fitting of the
experimental data, as confirmed by the good correlation coefficient R2 and χ2 values.

Figure 7. Adsorption profiles Langmuir (—) and Freundlich ( . . . ) for Ofloxacin (OFL) on HNT (�
black), HNT/Fe3O4-C (• red), HNT/Fe3O4-H (� blue) and HNT/Fe3O4-SG (� green) (Experimental
conditions: Sorbent 20 mg, 10 mL OFL tap water solution from 25 to 200 mg L−1, RSD < 10%).

The experimental qmax values of HNT/Fe3O4-C, HNT/Fe3O4-H, and HNT/Fe3O4-SG
were in agreement with the calculated ones, and fell within the OFL adsorption range
reported in the literature for other clays, i.e., 3.2 mg g−1 on kaolinite [54], 160.8 mg g−1 on
calcined Verde-lodo bentonite clay [55]).

The isothermal parameters calculated by dedicated software are listed in Table 4.

Table 4. Isotherm parameters for OFL adsorption onto HNT, HNT/Fe3O4-C, HNT/Fe3O4-H, and
HNT/Fe3O4-SG.

Adsorption Model Isotherm Parameters HNT HNT/Fe3O4-C HNT/Fe3O4-SG HNT/Fe3O4-H

Langmuir

qm (mg g−1) 29.6 (8) 23 (2) 31 (2) 45 (2)
KL (L mg−1) 0.026 (2) 0.012 (2) 0.028 (4) 0.063 (9)

R2 0.9970 0.9910 0.9881 0.9840
χ2 0.1739 0.2218 0.7893 2.5004

Freundlich

KF (mg g−1) (L mg−1)1/n 3.1 (6) 1.1 (1) 3 (1) 9 (2)
1/n 0.42 (4) 0.53 (3) 0.41 (7) 0.33 (5)
R2 0.9734 0.9931 0.9381 0.9304
χ2 1.5239 0.1712 4.1164 10.844

Concerning the kinetic aspect, quantitative adsorption occurred in less than five
minutes in the presence of all the magnetic composites. As shown in Figure 8, a satisfac-
tory fitting is obtained by applying the pseudo-second-order model, thus, considering a
chemisorption process. For commercial HNT, the adsorption was instantaneous, thus, it
was not possible to discriminate between the two models.
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Figure 8. Kinetic profiles (pseudo-first-order (—), pseudo-second-order ( . . . )) for OFL onto HNT (�
black), HNT/Fe3O4-C (• red), HNT/Fe3O4-H (� blue) and HNT/Fe3O4-SG (� green) (Experimental
conditions: sorbent 20 mg, 10 mL tap water, OFL initial concentration 20 mg L−1, RSD < 10%).

The calculated kinetic parameters are shown in Table 5.

Table 5. Kinetic parameters for OFL adsorption onto HNT, HNT/Fe3O4-C, HNT/Fe3O4-H, and
HNT/Fe3O4-SG.

Kinetic Model Kinetic Parameter HNT HNT/Fe3O4-C HNT/Fe3O4-SG HNT/Fe3O4-H

Pseudo-first order

qe (mg g−1) 5.02 (4) 2.95 (5) 5.3 (2) 7.7 (2)
k1 (min−1) 124 3.0 (3) 2.4 (4) 2.8 (5)

R2 0.9996 0.9961 0.9854 0.9839
χ2 0.0041 0.0086 0.1052 0.1931

Pseudo-second order

qe (mg g−1) 5.02 (6) 3.08 (3) 5.6 (2) 8.0 (1)
k2 (g mg−1 min−1) 3888 1.8 (2) 0.7 (2) 0.61 (9)

R2 0.9996 0.9992 0.9926 0.9965
χ2 0.0041 0.0017 0.0531 0.0418

3.3.1. Ofloxacin Removal from Real Waters Samples

Magnetic HNTs were also tested under environmental conditions, i.e., μg L−1 OFL
concentration, tap and river waters, WWTP effluent (see Table S2 for the physicochemical
parameters).

An amount of 20 mg of each material was suspended in 10 mL of each water sample,
river water and WWTP effluent samples spiked with 10 μg L−1 OFL (C0) and shaken
for 24 h. Then, the suspensions were magnetically separated and the supernatants were
filtered on a 0.22 μm nylon syringe filter before HPLC-FD analysis to quantify the drug
content (Ce).

The removal efficiency (R%) was calculated according to Equation (3):

R% =
C0 − Ce

C0
× 100 (7)

where C0 is the initial OFL concentration and Ce is the OFL concentration in solution at
the equilibrium.

The obtained results were reported in Figure 9.
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Figure 9. OFL removal (%) from tap and river water samples and effluent from WWTPS with
HNT, HNT/Fe3O4-C, HNT/Fe3O4-H, and HNT/Fe3O4-SG (Experimental conditions: sorbent 20 mg,
10 mL tap water, OFL initial concentration 10 μg L−1, n = 3, RSD < 10%).

The investigated HNT/Fe3O4 composites gained an antibiotic removal ≥90% despite
different aqueous matrix constituents and other potential contaminants. The different
amount of Fe3O4 in each composite did not affect the adsorption process; on the contrary,
the Fe3O4 percent in HNT/Fe3O4-C, higher than in HNT/Fe3O4-H and HNT/Fe3O4-SG,
favored its complete magnetic recovery from the media after the use with no additional
centrifugation step.

3.3.2. Reusability and Post-Use Characterization of HNT/Fe3O4-C

Among the investigated magnetic HNTs, the HNT/Fe3O4-C sample ensured a quanti-
tative OFL removal in different real water samples and excelled for its magnetic properties.
For these reasons, its reusability was explored.

The HNT/Fe3O4-C sample was suspended in 10 mL tap water containing OFL
10 μg L−1. After 1 h, HNT/Fe3O4-C was magnetically separated, and the supernatant
was analyzed by HPLC-FD. Then the recovered sorbent material was suspended for a
second time in 10 mL tap water samples containing OFL 10 μg L−1. After 1 h contact, the
suspended material was magnetically separated, and the OFL concentration in the solution
was measured. A third cycle was carried out following the same procedure.

Figure 10 shows the adsorbed OFL percentage after each adsorption cycle. The
adsorbed antibiotic amount slightly decreased from 95% after the first use to 75% after the
third one.

This trend may be ascribed to a small loss of material during its magnetic separation
from the sample solution and not to matrix interference, as XRPD analysis demonstrates.

The recovered sorbent material after three adsorption cycles was analyzed by XRPD
and compared to the synthesized HNT/Fe3O4-C sample. The two diffraction patterns
(Figure S6) are really comparable, confirming the sorbent material does not undergo
degradation processes with use.
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Figure 10. OFL removal after three reuse cycles with HNT/Fe3O4-C (Experimental conditions:
sorbent 20 mg, 10 mL tap water, OFL initial concentration 10 μg L−1).

3.3.3. Acute Toxicity Test with Daphnia magna

For the toxicity test, a single concentration, equal to 0.2 g L−1 of HNT, Fe3O4, and
HNT/Fe3O4-C was tested. This concentration reflected a potential residual amount of each
material in waters after depollution treatment.

All the individuals efficiently ingested the administered materials over 48 h of exposure
(Figure 11), as shown by their presence in the digestive tract of exposed individuals.

 

Figure 11. Individuals of D. magna showing their digestive tract full of HNT (a), Fe3O4 (b),
and HNT/Fe3O4-C (c) after 48 h of exposure to 0.2 g L−1 (10 mg/50 mL) for each material.
Scale bar = 500 μm.

No mortality occurred in the control group. Despite the ingestion of all the materials,
the 48 h exposure to 0.2 g L−1 of HNT and HNT/Fe3O4-C did not induce the mortality
of any daphnid, while the viability of the individuals included in the Fe3O4 experimental
group was slightly decreased compared to the corresponding control, accounting for the
96 ± 9%.

4. Conclusions

In the present work, magnetic halloysite nanotubes were successfully synthesized
by three different approaches: co-precipitation, hydrothermal, and sol-gel method. The
applied characterization techniques demonstrate that the nanometric-sized Fe3O4 (diam-
eter of about 10 nm) were formed and connected to the HNT particles. Magnetic phase
abundance depended on the synthetic route and was evaluated by EDS and TGA analyses,
as well as by magnetization data. Thermodynamic and kinetic experiments suggested
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that HNT/Fe3O4 composites can be considered as performing materials for ofloxacin ad-
sorption. All the investigated samples were able to quantitatively reduce the antibiotic
concentration under realistic conditions and, more interestingly, the sample obtained by the
co-precipitation synthetic approach—the most cost-effective—was also easily magnetically
removed from the media after treatment and reused for three cycles with no degradation.
The ecotoxicity test performed on the freshwater organism D. magna completed the charac-
terization of this adsorbent material and confirmed that it might be safely applied in water
depuration processes.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/nano12234330/s1, Figure S1: SEM images of the commercial
halloysite at (a) 9 kX and (b) 200 kX.; Figure S2: SEM images of the HNT/Fe3O4 composites. (a,b):
HNT/Fe3O4-C sample; (c) and (d): HNT/Fe3O4-H sample; (e,f): HNT/Fe3O4-SG sample. Magni-
fication: 9 kX (left) and 200 kX (right); Figure S3: (a) investigated area and distribution maps of (b)
Al, (c) Fe and (d) Si elements of the HNT/Fe3O4-C sample; Figure S4: (a) investigated area and
distribution maps of (b) Al, (c) Fe and (d) Si elements of the HNT/Fe3O4-H sample; Figure S5: (a)
investigated area and distribution maps of (b) Al, (c) Fe and (d) Si elements of the HNT/Fe3O4-SG
sample; Figure S6: X-ray diffraction pattern of the HNT/Fe3O4-C sample as-prepared (black line)
and after three cycles of OFL recover (red line); Table S1: Mean particle size and intensity determined
by DLS analysis; Table S2: Physico-chemical characterization of tap and river water samples, and
WWTP effluent.
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Abstract: The global application of engineered nanomaterials and nanoparticles (ENPs) in commercial
products, industry, and medical fields has raised some concerns about their safety. These nanoparticles
may gain access into rivers and marine environments through industrial or household wastewater
discharge and thereby affect the ecosystem. In this study, we investigated the effects of silver
nanoparticles (AgNPs) and zinc oxide nanoparticles (ZnONPs) on zebrafish embryos in aquatic
environments. We aimed to characterize the AgNP and ZnONP aggregates in natural waters, such as
lakes, reservoirs, and rivers, and to determine whether they are toxic to developing zebrafish embryos.
Different toxic effects and mechanisms were investigated by measuring the survival rate, hatching
rate, body length, reactive oxidative stress (ROS) level, apoptosis, and autophagy. Spiking AgNPs or
ZnONPs into natural water samples led to significant acute toxicity to zebrafish embryos, whereas
the level of acute toxicity was relatively low when compared to Milli-Q (MQ) water, indicating
the interaction and transformation of AgNPs or ZnONPs with complex components in a water
environment that led to reduced toxicity. ZnONPs, but not AgNPs, triggered a significant delay
of embryo hatching. Zebrafish embryos exposed to filtered natural water spiked with AgNPs or
ZnONPs exhibited increased ROS levels, apoptosis, and lysosomal activity, an indicator of autophagy.
Since autophagy is considered as an early indicator of ENP interactions with cells and has been
recognized as an important mechanism of ENP-induced toxicity, developing a transgenic zebrafish
system to detect ENP-induced autophagy may be an ideal strategy for predicting possible ecotoxicity
that can be applied in the future for the risk assessment of ENPs.

Keywords: silver nanoparticles; zinc oxide nanoparticles; developmental toxicity; reactive oxidative
stress; apoptosis; autophagy

1. Introduction

Currently, engineered nanomaterials and nanoparticles (ENPs) are used in a wide
variety of industrial and commercial applications, including catalysts, environmental reme-
diation, personal care products, and cosmetics. In addition, ENPs also show great promise
in medicine, such as imaging and drug delivery [1]. Examples of two widely utilized
ENPs are silver nanoparticles (AgNPs) and zinc oxide nanoparticles (ZnONPs) [2]. AgNPs
are used in cosmetics, textiles, antibacterial agents, the food industry, paints, and medical
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devices, whereas ZnONPs are widely used in sunscreen, cosmetics, paints, and antibacterial
ointments [3,4]. The global usage of both AgNPs and ZnONPs has increased exponentially,
thereby increasing the amount of AgNPs and ZnONPs that enter the aquatic environment
through various routes [3]. The continuous release of ENPs into the environment from
consumer products, industrial waste, and sewage sludge raises concerns about their distri-
bution, behavior, and characteristics in natural water and adverse effects on ecosystems [5].
Nevertheless, the comprehensive toxicological effects of AgNPs and ZnONPs present in
the environment have still not been studied in detail. Thus, an analysis of the effects of
AgNPs and ZnONPs on ecological systems and human health is important.

In general, a detailed understanding of the behavior of ENPs in aquatic environments
is crucial to determine their final distribution and the associated risks [5–7]. Due to their
small size, some ENPs, such as AgNPs and ZnONPs, release ions in aquatic systems
that are responsible for the major causes of toxicity. However, they also have a confined
solid phase similar to other poorly soluble compounds in the aquatic system [7]. In a
real water system, natural organic matter (NOM), certain biological macromolecules, and
the environmental conditions, including pH and ionic strength, will modify the ENP
behavior [5]. Predicting the fate of ENPs in natural surface water systems continues
to be a challenge because ENPs can heteroaggregate with natural organic and mineral
suspended matter. For example, NOM has been proposed to dominate ENP surface
chemistry, and inorganic compounds such as sulfate also play important roles in the
modifications of ENP structures and in reducing their toxicity [5]. Transformations of
ENPs, such as agglomeration, aggregation, dissolution, and surface change, by interacting
with natural water components might substantially alter their environmental release and
toxicity [2]. Thus, defining the behavior of ENPs in aquatic systems and their toxic effects
on living organisms can facilitate the establishment of scientific foundations for the risk
assessment of ENPs in aquatic ecosystems.

The zebrafish (Danio rerio) embryo (ZFE) is an ideal model to assess the hazards of both
conventional chemicals and ENPs in (eco)toxicology [8]. This model possesses advantages,
including rapid development and optical transparency, allowing easy observations of phe-
notypic responses at lethal, acute, and sublethal toxicological endpoints. In addition, large
amounts of embryos can be generated rapidly at low cost, permitting them to serve as a
high-throughput assay for the study of developmental processes upon exposure to ENPs [8].
We have recently reported the possible targets and mechanisms of the toxic effects of AgNPs
on a ZFE model. Our major finding is that exposure to AgNPs alters lysosomal activity (an
indicator of autophagy) and leads to a greater number of apoptotic cells distributed among
the developmental organs of the embryo [8,9]. From the (eco)toxicological perspective,
the toxic effects induced by AgNPs and ZnONPs, including cytotoxicity, hematotoxicity,
immunotoxicity, hepatotoxicity, and embryotoxicity, either in vitro or in vivo, are quite
similar [10]. The well-known toxicity induced by ZnONPs is predominantly mediated
by the formation of ROS. Excessive ROS generation may damage mitochondria, which
subsequently leads to inflammasome activation and cell death through apoptosis and
autophagy, which might be a novel mechanism modulating ZnONP-induced inflammatory
and cytotoxic effects [11]. ENPs-induced oxidative stress is considered the initiator of the
disruption of mitochondrial membrane potential and apoptosis and/or autophagy. Al-
though extensive research has been conducted on ENP applications and toxic mechanisms,
research on the environmental transport behavior and ecotoxicity of emerging materials
such as AgNPs or ZnONPs is still limited and is needed for sustainable environmental
implementation.

We conducted experiments in both complex natural original waters (lake, reservoir,
and river) and filtrates from natural waters produced with different pore sizes of filters
(1 μm, 0.45 μm, 0.22 μm, and 0.1 μm) to understand the behavior, characteristics, and
embryotoxicity of AgNPs and ZnONPs in aquatic systems. Although results obtained
from natural waters may more realistically approximate actual ecosystems, they are often
unable to provide sufficient information due to the complexity of water chemistry. The
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results obtained from filtrates of natural waters and MQ water (control group), which
have a reduced complexity, can improve our understanding of the processes involved but
are not necessarily representative of natural systems. The objective of this study was to
characterize aggregates of AgNPs and ZnONPs in natural waters and determine whether
they are toxic to developing zebrafish embryos. Different toxic effects and mechanisms
were investigated here to evaluate ENP toxicity by measuring the survival rate, hatching
rate, body length, oxidative stress, apoptosis, and autophagy. The results from those
experiments are essential for a better understanding of AgNPs and ZnONPs in aquatic
ecosystems and provide important underlying mechanisms for ecological risk assessments
of them and other nanoparticles.

2. Materials and Methods

2.1. Natural Water Preparation and Sampling

We collected natural water samples from different water bodies, including the Erren
River, Zengwun Reservoir, and Cheng Kung Lake located at the campus of National Cheng
Kung University (NCKU), in spring (May) and autumn (September) in Taiwan. Among
them, the Erren River was considered a polluted water body, whereas Zengwun reservoir
water was the source of drinking water for the public. Natural water was collected in
sterilized sampling bags. Before storage, all the original water samples were filtered with a
53 μm filter to remove large impurities and microorganisms, and then the water samples
were stored at 4 ◦C.

2.2. Preparation and Characterization of AgNPs and ZnONPs

The principle of AgNP synthesis was based on the NaBH4 reduction of the Ag ion.
First, the silver nitrate solution (50 mL, 20 mM), sodium citrate solution (40 mL, 80 mM).
and 890 mL deionized water were fully mixed. Then, a NaBH4 solution (20 mL, 100 mM)
was added slowly to promote the Ag ion reduction. The solution was stirred vigorously
for 2 h, allowing a full reductive reaction. After synthesizing a sufficient amount of AgNP
solution, it was centrifuged at 7500× g for 30 min, and the supernatant was collected.
Furthermore, the solution was centrifuged again at 12,500× g for 2 h, and the precipitate
was removed. The synthesized AgNP solution was stored at 4 ◦C in the dark.

We dissolved zinc acetate dehydrate (Zn(CH3COO)2(H2O)) in 3.35 mM ethanol and
stirred the solution vigorously at 60 ◦C to synthesize ZnONPs. Furthermore, the solution
was slowly titrated with a 6.59 mM potassium hydroxide (KOH) solution into a zinc
acetate dehydrate solution along the edge of the beaker and reacted for 1.5 h. Next, the
solution was incubated at room temperature for 2 h. The synthetic ZnONP solution
was centrifuged at 10,000 rpm for 10 min, and then the supernatant was removed. The
precipitate was collected and subsequently washed twice with 50 mL of ethanol. Then,
0.25 mL of (3-aminopropyl)triethoxysilane (APTES), 0.5 mL of deionized water, and 0.05 mL
of ammonia (25 wt%) were mixed immediately with the ZnONP solution and reacted at
room temperature for 20 min. After the reaction, the solution was centrifuged at 10,000 rpm
for 15 min, and then we collected the precipitates. The precipitates were washed 2 times
with ethanol and resuspended in water to obtain amine-coated ZnONPs. The aim of the
surface modification was to improve the dispersion of nanoparticles in various solutions.
Precisely, the formal name of ZnONPs we applied in this study was aminopropyl silica-
coated ZnONPs, which is abbreviated as ZnONPs. The primary size and morphology
of NPs were observed by transmission electron microscopy (TEM, JEOL Co., Akishima,
Tokyo, Japan). The elemental analysis of NPs and NPs spiked in natural water were
detected through electron dispersive X-ray (EDX) (JEOL Co., Akishima, Tokyo, Japan).
The hydrodynamic diameter and polydispersity index were analyzed via dynamic light
scattering (DLS, Delsa™ Nano C, Beckman Coulter, Inc., Brea, CA, USA). The zeta potential
of the NPs was measured by phase analysis light scattering (PALS, Delsa™ Nano C,
Beckman Coulter, Inc., Brea, CA, USA). The NP stability was investigated by ultraviolet
visible spectroscopy (UV-Vis, Thermo Fisher Scientific, Waltham, MA, USA).
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2.3. Fish Husbandry and Egg Spawning

Zebrafish embryos (Danio rerio) were obtained from the Taiwan Zebrafish Core Facility.
Zebrafish were raised and maintained in a thermostatic culture system at 28–30 ◦C with a
photoperiod of 14 h of light/10 h of darkness. Fish were fed twice a day with brine shrimp.
Male and female fish were placed in the mating box. Spawning was triggered when the
light was turned on in the morning. At 4 hpf, zebrafish embryos were collected and rinsed
several times to remove residues on the surface. The dead, unfertilized, and abnormal
embryos were removed. Healthy embryos were randomly selected for experiments.

2.4. The Acute Toxicity Test on Zebrafish Embryos

The fish embryo acute toxicity test conducted in this study was based on OECD Test
Guideline TG No. 236, released in 2013. All experiments were performed using a semi-static
system. First, the fertilized embryos were gently collected with a dropper at 4 hpf, and
healthy embryos were randomly divided and placed in 12-well plates (10 embryos/well).
Embryos (30 embryos/group) were treated with AgNPs and ZnONPs. The positive controls
(4 mg/L 3,4-dichloroaniline) were observed until 96 hpf, and mortality and deformities
were recorded daily. The AgNPs and ZnONPs solutions were refreshed every 24 h until
the end of the experiment to avoid ENP aggregation during exposure. All acute toxicity
assays were performed in triplicate.

2.5. ROS Analyses

Dichlorodihydrofluorescein diacetate (DCFH-DA) (Sigma-Aldrich, St. Louis, MO,
USA) was used to measure reactive oxygen species (ROS) levels in the zebrafish. The
zebrafish embryos were exposed to AgNPs and ZnONPs solutions beginning at 4 hpf, and
the DCFH-DA assay was conducted at 96 hpf. In the experimental procedure, we initially
performed three washes with deionized water to remove solutions of AgNPs and ZnONPs
and impurities from the surface of the zebrafish. Then, live samples were incubated with
5 μg/mL DCFH-DA at 28 ◦C for 1 h and coated with aluminum foil to protect them from
light. After the incubation, the living fish were rinsed with deionized water three times.
The embryos were fixed with 3% methyl cellulose to prevent movement, and images were
captured immediately.

2.6. LysoTracker RED DND-99 Analyses

LysoTracker RED DND-99 (Sigma-Aldrich, St. Louis, MO, USA) reagent was used
to evaluate lysosomes and autophagy in the zebrafish. The procedure was performed
according to the manufacturer’s protocol. Briefly, the samples were collected at 72 hpf and
rinsed with deionized water three times. Then, the embryos were incubated with 10 μM
lysosomal probe for 1 h at 28 ◦C. After the incubation, we used deionized water to wash the
embryos three times and then fixed the embryos with 3% methyl cellulose. Embryos were
observed and imaged using a fluorescence microscope (BX51, Olympus Co., Tokyo, Japan).

2.7. Whole-Mount TUNEL Assay

Whole-mount TUNEL staining was performed to evaluate apoptosis in zebrafish
at 72 hpf. We washed the zebrafish with deionized water three times after exposure to
Ag/ZnONPs. Zebrafish larvae were fixed with 4% paraformaldehyde for 1 h and then
washed with PBS three times. Next, the embryos were incubated with blocking buffer
on a shaker for 30 min and subsequently rinsed with PBS three times for 5 min. Then,
the embryos were incubated with a permeabilization solution (0.1% Triton X-100 in 0.1%
sodium citrate) for 30 min on ice and washed with PBS three times on a shaker for 5 min
each. Finally, the TUNEL reaction mixture (labeling solution:enzyme solution = 9:1) was
incubated with embryos in a water bath at 37 ◦C for 1 h, and we observed the embryos
using a confocal fluorescence microscope (Nikon TE2000EPFS-C1-Si, Tokyo, Japan).
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2.8. Statistics

Each experiment was independently repeated at least three times. Statistical analyses
were performed with one-way ANOVA and a two-tailed Student’s t-test. p < 0.05 was
considered statistically significant between the experimental and control groups. All data
were presented as the mean ± SEM.

3. Results

3.1. The Physical and Chemical Properties of AgNPs and ZnONPs

Two types of nanoparticles were synthesized in this study to evaluate the environ-
mental toxicity of ENP-spiked natural water. We synthesized citrate-coated AgNPs and
amine-modified ZnONPs and fully characterized their physicochemical properties. As
shown in Figure 1, The TEM images present the mean primary sizes of AgNPs and ZnONPs,
which were 13 and 27 nm, respectively, and the morphology was spherical (Figure 1a,c).
Element analysis indicated that AgNPs contained silver and ZnONPs were composed
of zinc and oxygen (Figure 1b). The Si element came from a synthesized process which
used APTES, and the Cu came from carbon support films on copper grids, which were
used in TEM analysis. Dynamic light scattering (DLS) results revealed that the hydrody-
namic diameters of the AgNPs and ZnONPs were 16 nm and 43 nm, respectively, and the
NPs exhibited a homogeneous dispersion (Figure 1c). In addition, AgNPs and ZnONPs
represented negative (−18.6) and positive surface charges (+25.4), respectively (Figure 1c).

Figure 1. Physical and chemical properties of AgNPs and ZnONPs. (a) TEM images of AgNPs and
ZnONPs. (b) EDX analysis of AgNPs and ZnONPs. (c) Analysis of the physicochemical properties
of AgNPs and ZnONPs. AgNPs, silver nanoparticles; ZnONPs, zinc oxide nanoparticles; TEM,
transmission electron microscopy; EDX, electron dispersive X-ray; DLS, dynamic light scattering;
PALS, phase analysis light scattering; UV–Vis, ultraviolet visible spectroscopy.

3.2. The Deposition of AgNPs and ZnONPs Spiked in Natural Water

Several studies have shown that the physicochemical characteristics of ENPs change
when they are spiked in natural water bodies [12,13]. We obtained water from NCKU
Lake, Zengwun Reservoir, and Erren River to determine the physicochemical properties of
Ag/ZnONPs in natural water. NCKU Lake is located at National Cheng Kung University
and possesses a high species richness. Zengwun Reservoir is a relatively clean water source
that provides drinking water. The Erren River is one of the contaminated rivers in Taiwan.
To date, the Erren River is still considered moderately polluted.
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AgNPs and ZnONPs were spiked into the water samples from NCKU Lake, Zengwun
Reservoir, and Erren River, and deposition was observed after 30 min. For the NCKU Lake
water sample, the AgNPs were still suspended in water, but the color quickly changed.
ZnONPs spiked in NCKU Lake water were deposited. In addition, water from the Zeng-
wun Reservoir and Erren River caused a substantial aggregation of AgNPs and ZnONPs
upon spiking into the natural water (Figure 1a,b). Furthermore, the physicochemical char-
acteristics of these nanoparticles spiked in natural water were analyzed by determining
their particle size, hydrodynamic diameter, and dispersity, as summarized in Figure 2c–e.
Both AgNPs and ZnONPs spiked in NCKU Lake water exhibited a larger particle size
and hydrodynamic diameter and decreased dispersity (Figure 2c,e). After spiking in the
Zengwun Reservoir and Erren River water, AgNPs and ZnONPs aggregated and were
not suspended in solution, and thus the data were undetectable (Figure 2c,e). These re-
sults were attributed to the chemical reaction of these nanoparticles with complex water
components after spiking in natural water, which led to aggregation and precipitation.

 

Figure 2. Deposition of AgNPs and ZnONPs spiked in natural water. The deposition of 5, 10, 15, 20,
25, 50, 75, and 100 μg/mL (a) AgNPs and (b) ZnONPs spiked in natural water from NCKU Lake,
Zengwun Reservoir, and Erren River. Ag/ZnONPs aggregated and deposited at the bottom of the
vessel. The arrow indicates Ag/ZnONPs deposition. (c) The physical and chemical properties of
AgNPs and ZnONPs spiked in natural water. (d,e) TEM images of AgNPs and ZnONPs spiked in
natural water. AgNPs and ZnONPs aggregated after spiking in natural water samples. AgNPs, silver
nanoparticles; ZnONPs, zinc oxide nanoparticles; TEM, transmission electron microscopy.
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3.3. Elemental Mapping of Natural Water

Furthermore, we performed elemental mapping to determine the elements present in
natural water that reacted with AgNPs and ZnONPs. NCKU Lake, Zengwun Reservoir,
and Erren River water samples were spiked with AgNPs and ZnONPs. We found that
NCKU Lake, Zengwun Reservoir, and Erren River water precipitants contained abundant
sulfur (S) and chlorine (Cl) and that Ag perfectly colocalized with them (Figure 3a–c). For
ZnONP-spiked water samples, zinc was accompanied by magnesium (Mg) and potassium
(K) in NCKU Lake water (Figure 3d). Furthermore, Zengwun Reservoir water samples
contained calcium (Ca) and chlorine that colocalized with zinc (Figure 3e). Last, the Erren
River water contained sulfur and calcium that overlapped with zinc (Figure 3f). Based on
these results, we determined that both AgNPs and ZnONPs undergo complex chemical
reactions with the components in natural water.

Figure 3. Elemental mapping images of AgNPs and ZnONPs in natural water. (a–c) Elemental
mapping analysis of Ag spiked in NCKU Lake, Erren River, and Zengwun Reservoir water. (d–f)
Elemental detection of ZnONPs spiked in natural water. AgNPs, silver nanoparticles; ZnONPs, zinc
oxide nanoparticles; S, sulfur; Cl, chlorine; Mg, magnesium; K, potassium; Ca, calcium.

3.4. The Mortality of AgNPs and ZnONPs Spiked in Nature Water

First, we observed the survival of embryos after exposure to the three water samples
to determine whether natural water exerted adverse effects on embryos. Compared with
the positive control group (3,4-DCA), the original water samples that were not spiked with
AgNPs and ZnONPs did not cause obvious mortality at 24, 48, and 96 hpf. Even in the
sample from the polluted Erren River, the survival rate was still high (Figure S1a–d). When
the original water samples were filtered through membranes with different pore sizes of
1 μm, 0.45 μm, 0.22 μm, and 0.1 μm, the filtrates also did not produce significant adverse
effects. The survival rates of all groups were still greater than 80% (Figure S1a–d).

According to previous studies, natural substances, such as humic acid, in natural water
mitigated the toxic effects of NPs [13]. We designed additional experiments to confirm
whether the substances in natural water resulted in a reduction in toxicity. First, the larger
substances in natural water were removed with a 0.45 μm filter in advance and then the
samples were spiked with AgNPs and ZnONPs (Figure 4a,b). Second, the original natural
water was spiked with AgNPs and ZnONPs first and then passed through a 0.45 μm filter
(to remove deposited ENPs) (Figure 4a,b). Third, we spiked 1 and 10 μg/mL AgNPs and
ZnONPs in MQ water, respectively, for comparison and observed a substantial increase
in mortality (Figure 4c,d). Accordingly, ZnONPs spiked in the natural water samples
from NCKU Lake, Zengwun Reservoir, and Erren River exerted minor toxic effects, even
in the 10 μg/mL groups (Figure 4e,f). In terms of the deposited NP removal groups,
the elimination of AgNPs and ZnONPs deposits in natural water reversed the mortality,
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especially in the 10 μg treatment group (Figure 4g–j). In summary, although AgNPs and
ZnONPs spiked into natural water exhibited a dramatically reduced toxicity, they still
exerted adverse effects on the ecological environment at higher concentrations.

 
Figure 4. Lethality of AgNPs and ZnONPs spiked in natural water. The study design included
two processes: (a) NP spiking and (b) deposited NP removal. The embryos were treated with (c)
1 μg/mL AgNPs, (d) 10 μg/mL AgNPs, (e) 1 μg/mL ZnONPs, and (f) 10 μg/mL ZnONP-spiked
natural water. The mortality of embryos exposed to (g,h) 1 μg/mL and 10 μg/mL AgNP-spiked
water, as well aI (i,j) 1 μg/mL and 10 μg/mL ZnONP-spiked natural water in which the aggregates
were removed by a 0.45 μm filter. AgNPs, silver nanoparticles; ZnONPs, zinc oxide nanoparticles;
3,4-DCA, 3,4-dichloroaniline.

3.5. ZnONPs Caused Developmental Toxicity

We measured body length to explore the relationship between zebrafish embryo
development and substances in the natural water environment. Interestingly, the filtrates
of water samples from NCKU Lake, Zengwun Reservoir, and Erren River that were passed
through 1 μm, 0.45 μm, 0.22 μm, and 0.1 μm filters did not alter the body length of the
zebrafish compared with the control group (MQ water) (Figure S2). The body length of the
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zebrafish even increased after exposure to filtrates of natural water compared to the control
group, but significant differences were not observed between the filtrate groups. In addition
to the survival rate and body length, the hatching rate is also an indicator of developmental
toxicity. When ZnONPs were spiked into the three different natural water samples and then
passed through a 0.45 μm filter, we observed a significantly later hatching time at 96 hpf
in embryos exposed to a higher concentration of 10 μg/mL (Figure 5b). Nonetheless, the
embryos exposed to ZnONPs still hatched successfully without deformities. The AgNPs
did not induce a delayed hatching time in this study (data not shown).

Figure 5. Developmental toxicity of ZnONPs. Hatching rate of zebrafish embryos exposed to
ZnONPs. ZnONPs spiked in NCKU Lake, Zengwun Reservoir, and Erren River water. Hatching
rate at (a) 72 hpf and (b) 96 hpf after exposure to different natural water samples. ZnONPs spiked
in different water samples resulted in later hatching times in all groups. The significance between
each different concentration groups were represented by * sign. (* p < 0.05). ZnONPs, zinc oxide
nanoparticles; hpf, hours post-fertilization.

3.6. AgNPs and ZnONPs Induced Programmed Cell Death

Several studies have revealed that AgNPs and ZnONPs lead to cytotoxicity by in-
ducing programmed cell death [8,14,15]. We applied the TUNEL assay to investigate the
cytotoxic effects of AgNPs and ZnONPs spiked in deionized (MQ) or natural water at
72 hpf. DNase I served as a positive control group and resulted in a significant increase
in the number of apoptotic cells (Figure 5a,b). Groups treated with AgNPs and ZnONPs
spiked in the MQ water exhibited an increased number of apoptotic cells, and the signals
were mainly located in the yolk sac (Figure 5a,b). Surprisingly, groups treated with both
AgNPs and ZnONPs spiked in natural water also exhibited substantial cytotoxicity. These
results provide evidence that ENPs in natural water exert cytotoxic effects by activating
apoptosis.

3.7. AgNPs and ZnONPs Induced ROS Production

Excessive oxidative stress is an important cellular mechanism of ENPs and is recog-
nized as an initial form of cell damage [8,14,16,17]. Next, we investigated whether AgNPs
and ZnONPs spiked in different water samples would increase the ROS level in zebrafish
embryos. We used dichloro-dihydro-fluorescein diacetate (DCFH-DA) dye to detect ROS
generation in embryos exposed to these nanoparticles at 72 hpf. As expected, the H2O2
groups (positive control) displayed increased ROS generation (Figure 6a,b). Similarly,
10 μg/mL AgNPs and ZnONPs spiked in the MQ water increased ROS generation, and
the signals were primarily observed in the intestine (Figure 6a,b). As mentioned above, we
concluded that ENPs spiked into the natural water increase ROS level in zebrafish embryos.

43



Nanomaterials 2022, 12, 717

 

Figure 6. Cytotoxicity of AgNPs and ZnONPs. Zebrafish embryos were exposed to natural water
after passing through a 0.45 μm filter and then spiked with NPs. After 72 hpf, zebrafish embryos
were subjected to a TUNEL assay. Fluorescence images and intensity of (a) AgNPs and (b) ZnONPs.
Apoptotic cells are represented by red fluorescence signals. The fluorescence intensity was assigned
as + (weak), ++ (middle), and +++ (strong). Both AgNPs and ZnONPs spiked in natural water
produced increased apoptosis signals in the 10 μg/mL NP groups. AgNPs, silver nanoparticles;
ZnONPs, zinc oxide nanoparticles; hpf, hours post-fertilization.

3.8. AgNPs and ZnONPs Induced Autophagy

According to recent studies, AgNPs and ZnONPs cause dysfunctional autophagy
in vitro [14,18]. Hence, we used the LysoTracker RED probe to evaluate lysosomal activity
in zebrafish embryos incubated with AgNPs and ZnONPs spiked in different water samples.
Treatment with 10 μg/mL AgNPs and ZnONPs in the MQ water activated autophagy, and
the signals were detected in the yolk sac (Figure 7a,b). For natural water, AgNPs spiked
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in Zengwun Reservoir natural water apparently increased the activation of autophagy
(Figure 7a). Some lysosomal activity was also observed in the other groups. Therefore,
AgNPs and ZnONPs spiked in natural water induce autophagy.

 
Figure 7. ROS generation induced by AgNPs and ZnONPs. Zebrafish embryos were exposed
to natural water after passing through a 0.45 μm filter and then spiked with (a) AgNPs and (b)
ZnONPs. After 72 hpf, zebrafish embryos were stained with DCFH-DA (green). The fluorescence
intensity was assigned as + (weak), ++ (middle), and +++ (strong). The H2O2-positive control
group showed ROS generation. Both AgNPs and ZnONPs spiked in natural water resulted in
increased ROS signals. AgNPs, silver nanoparticles; ZnONPs, zinc oxide nanoparticles; DCFH-DA,
dichlorodihydrofluorescein diacetate; ROS, reactive oxygen species.

4. Discussion

Engineered nanomaterials and nanoparticles (ENPs) emission are estimated to be
mainly derived from landfills (63–91%), with over 260,000–309,000 metric tons of global
production in 2010, followed by release to soil (8–28%), water bodies (0.4–7%), and air
(0.1–0.5%) [19]. In certain environmental compartments, ENPs may pose a relatively low
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risk, whereas organisms residing near ENP production plant outfalls or waste treatment
plants may be at increased risk [20]. When ENPs enter terrestrial and aquatic systems,
they may threaten the ecological environment and human health [21]. In general, the fate
of ENPs in aquatic systems is mainly determined by three processes: heteroaggregation,
dissolution, and sedimentation [22,23]. The factors that influence ENP behavior in the
environment include size, surface coating materials and their changes (e.g., degradation
or replacement by natural organic matter (NOM)), oxidation, dissolution, sulfidation,
heteroaggregation, homoaggregation, and sedimentation/resuspension [24–26]. Other en-
vironmental factors include sunlight, the pH of the solution, inorganic salts, the interaction
with surrounding metals, and dissolved NOM, which will interact with ENPs and lead to
their transformation [27–31].

After AgNPs and ZnONPs were added to natural water, we observed that the color
and particle size of the nanoparticles changed significantly (Figures 1 and 2). Thus, the
nanoparticles may undergo chemical reactions with other components in the water envi-
ronment. The dissolution of nanoparticles might be generally promoted after interacting
with NOM. Two major surface transformation processes, oxidation and sulfidation, may
occur on the surface of nanoparticles in the presence of NOM [32,33]. Therefore, NOM
alters the toxicity of ENPs by changing suspension stabilization, the bioavailability of metal
ions, electrostatic interactions and steric repulsion between nanoparticles and organisms,
and induced reactive oxygen generation [33]. Bundschuh et al. noted that the phenomenon
of co-occurring contaminants interacting with nanoparticles and indicated that nanopar-
ticles serve as a sink for organic and inorganic co-contaminants in the water column [34].
Therefore, we conducted an elemental mapping analysis to investigate the composition
of sediments of AgNPs or ZnONPs after their addition to natural water. Sulfur (S) and
chlorine (CI) attached to AgNPs and ZnONPs, and iron (Fe) and phosphorous (P) attached
on ZnONPs, which may in turn change the physicochemical properties of the nanoparticles
due to the interaction between these molecules (Figure 3). AgNPs release silver only after
they are oxidized by dissolved oxygen, and the released silver is readsorbed onto the
surface of the nanoparticles or forms a secondary precipitate with complexing species (e.g.,
Cl− and SO4

2−) [35]. Sulfidation of AgNPs or ZnONPs frequently occurs under various
environmental conditions and leads to the formation of core–shell Ag0–Ag2S structures or
hollow Ag2S NPs. Sulfidation leads to nearly inert NP surfaces that alter their reactivity
and toxicity [34]. The fate and stability of nanoparticles in both raw lake water and filtered
lake water containing different NOM lead to different aggregation profiles [36]. The authors
concluded that the use of pure NOM analogs may not accurately represent nanoparticles’
interactions and fate in real natural systems [36]. Our experiment results suggested that
the natural water may have mitigated the toxic effects of AgNPs and ZnONPs through
nanoparticles aggregation and interaction with NOM, resulting in the formation of larger
particles and sedimentation. Nonetheless, the underlying mechanisms of the interactions
and relationships among nanoparticles and organic/inorganic substances in the ecosystem
require further investigation.

With the advantages of rapid development and optical transparency, the zebrafish em-
bryos are rapidly becoming an attractive vertebrate model species for screening ENPs [37].
Our current study showed a very high survival rate of zebrafish embryos exposed to three
different original natural waters samples and their filtrates obtained after passing through
different pore sizes of filter. Interestingly, all the above-mentioned natural water samples
led to a longer body length of larva than the embryos exposed to MQ water (Figure S2). On
the one hand, natural water samples may contain certain essential elements that enhance
the development of the embryos. On the other hand, chemicals and/or ENP contamination
of surface waters from rivers, lakes, and reservoirs in Taiwan may still be limited and
promote the survival of zebrafish embryos. Currently, aquatic AgNP concentrations in
fresh water are predicted to range from approximately a few pg/L to 10 ng/L between
2017 and 2050, which might be nontoxic to fish embryos [20]. Although the current ENP
contamination may pose a relatively low risk to natural aquatic systems, the organisms
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living in the ecosystem near ENP production plants or waste treatment plants may be at
higher risk. Therefore, we conducted acute zebrafish embryo toxicity assays by spiking
AgNPs or ZnONPs into natural water samples. As shown above (Figures 6–8), both AgNPs
and ZnONPs led to significant acute toxicity toward zebrafish embryos in a dose-dependent
manner. The level of acute toxicity was relatively lower in the filtered natural water sam-
ples than in the MQ water samples, indicating that the interaction and transformation of
these nanoparticles with the complex components in a water environment led to a reduced
toxicity.

 

Figure 8. Autophagy induced by AgNPs and ZnONPs. Zebrafish embryos were exposed to natural
water after passing through a 0.45 μm filter and then spiked with (a) AgNPs and (b) ZnONPs.
After 72 hpf, zebrafish embryos were stained with LysoTracker RED. The fluorescence intensity
was assigned as + (weak), ++ (middle), and +++ (strong). The 10 μg/mL MQ groups exhibited
higher autophagy signals than groups treated with NPs spiked in natural water samples. AgNPs,
silver nanoparticles; ZnONPs, zinc oxide nanoparticles; 3,4-DCA, 3,4-dichloroaniline; hpf, hours
post-fertilization.

Zebrafish embryotoxicity tests have been indicated as a suitable approach for assessing
the toxicity of both traditional chemicals and ENPs [38,39]. Nonetheless, the majority of
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the published studies were conducted in the laboratory with controlled standard water
samples. Here, we aimed to reveal the potential toxic effects and mechanisms of AgNPs
and ZnONPs on zebrafish embryos in natural water. One of the interesting findings is
that ZnONPs, but not AgNPs, triggered a significant delay in embryo hatching (Figure 5).
Consistent with our finding, Chen. et al. reported that exposure to ZnONPs suspensions
and their respective centrifuged supernatants caused similar hatching delays, whereas the
supernatants did not cause larval mortality or malformation. In addition, coexposure to
N-acetylcysteine (NAC), a well-known antioxidant, did not alter the effects of ZnONPs
on hatchability but rescued their behavioral effect [40]. Thus, the toxicity of ZnONPs may
be due to a combination of the effects of dissolved Zn ions and particle-induced oxidative
stress. Zinc is an essential transition metal in living organisms that plays an important role
in the maintenance of protein structure and enzymatic function. However, excessive free Zn
ions are toxic and may be bound by Zn-binding proteins, such as metalloproteins [41]. The
dissolved Zn ions interfere with embryo hatching through a chelator-sensitive mechanism
that involves the ligation of histidines in the metalloprotease ZHE1, which is responsible
for degradation of the chorionic membrane [42,43]. The effects of ZnONPs on delaying
hatching were attenuated in filtered natural water samples compared with MQ water,
suggesting the slow release of Zn ions from ZnONPs and the interaction of dissolved Zn
ions with the complex components in the water environment, which subsequently mitigate
effects on embryonic development. Surface coating with different chemicals or NOM may
influence the colloidal stability and solubility of ZnONPs or AgNPs and thereby modulate
toxicity [44].

Both ENP-induced mortality and developmental toxicity seem to be related to oxida-
tive stress. Excess ROS production may contribute to tissue damage and participate in signal
transduction, the proliferative response, gene expression, and protein redox regulation [45].
ENP-induced oxidative stress was proposed as one of the initiators of the disruption of the
mitochondrial membrane potential, the induction of ER stress, and cell death mediated
by apoptosis and/or autophagy [9]. The mechanisms underlying ENP-induced toxicity
have become one of the most frequently studied topics in toxicology during the last two
decades. Our previous studies were the first to show that autophagy activated by AgNPs
fails to trigger the lysosomal degradation pathway and leads to dysfunctional autophagy,
which is relevant to the accelerated cellular pathogenesis of diseases [10,45,46]. More re-
cently, we also prioritized the factors affecting the toxic potential of AgNPs, which included
exposure dose/time, cell type, and the size and surface coating of AgNPs. Using an in
silico decision tree-based knowledge discovery-in-databases process, the toxicity-related
parameters are ranked as follows: exposure dose > cell type > particle size > exposure
time ≥ surface coating [47]. AgNPs with larger particle sizes appeared to induce higher
levels of autophagy during the earlier phase of both subcytotoxic and cytotoxic exposures
in the in vitro cell culture models, whereas apoptosis, but not necrosis, accounted for the
compromised cell survival over the same dosage range [47]. In addition, we determined
the skin toxicity and the potential mechanisms of ZnONPs combined with UVB exposure
and the preventive effect of a well-known antioxidant, pterostilbene. Exposure to both
ZnONPs and UVB disrupts cellular autophagy, which in turn increases exosome release
from cells. Application of the antioxidant pterostilbene reversed autophagy abnormalities
by restoring normal autophagy flux and decreasing NLRP3 inflammasome-loaded exosome
release through the attenuation of total ROS and mitochondrial ROS levels [11]. In general,
autophagy is a cellular recycling pathway by which lysosomes degrade damaged organelles
and/or proteins to maintain cellular homeostasis. However, ENPs have been proven to
induce autophagic cell death in several cell types by interfering with autophagy flux and
disrupting lysosomal function [48]. The leakage of lysosomal enzymes activates procas-
pases or damages the mitochondrial outer membrane to induce apoptosis. As shown in the
present study, zebrafish embryos exposed to filtered natural water spiked with AgNPs or
ZnONPs presented increased ROS levels, apoptosis, and lysosomal activity, an indicator of
autophagy (Figures 7 and 8). To the best of our knowledge, the induction of autophagy in
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zebrafish embryos triggered by ENPs in natural water has seldom or never been reported
previously. As human being and ecosystem exposure to ENPs is unavoidable, an in-depth
understanding of ENP-modulated autophagy is required to assess their safety [48].

The existing literature on the embryotoxicity and teratogenicity of ENPs in zebrafish
has been reported in a recent review article [39]. The interaction and bioaccumulation
of ENPs in zebrafish embryos are associated with several toxic effects, such as delayed
hatching, yolk sac alterations, circulatory changes, and musculoskeletal disorders. In
addition, the toxic effects of ENPs on innate immunity in a zebrafish model have also
been reported [49]. Most of the abovementioned toxic effects are related to dysregulated
autophagy. Since autophagy is considered an early indicator of ENP interactions with cells
and has been recognized as an important form of cell death in ENP-induced toxicity, creat-
ing an autophagy-related transgenic zebrafish line could be a good approach to monitor
the ENP pollution in an ecosystem. Overall, our study revealed that AgNPs and ZnONPs
spiked in natural water increased zebrafish embryo mortality at higher concentrations, de-
layed the hatching rate, and induced ROS production, autophagy, and apoptosis (Figure 9).
Our current study focused on AgNPs and ZnONPs, which are widely used in several
industries, and described their behavior, characteristics, embryotoxicity, and underlying
mechanisms in natural aquatic systems. These results will enable the development of more
relevant testing methods to predict the possible long-term ecotoxicity of ENPs and can be
applied in the future for regulatory decision-making and risk assessments of ENPs.

 

Figure 9. Illustration of the toxic mechanisms of AgNPs and ZnONPs spiked into natural water. The
NP suspension was spiked in natural water obtained from NCKU Lake, Zengwun Reservoir, and
Erren River and caused lethality and developmental toxicity in embryos. Mechanistically, AgNPs
and ZnONPs spiked in natural water induced excessive ROS production, programmed cell death,
and overactivated autophagy. AgNPs, silver nanoparticles; ZnONPs, zinc oxide nanoparticles.

5. Conclusions

Our research confirmed that nanoparticles of AgNPs and ZnONPs spiked in NCKU
Lake, Zengwun Reservoir, and Erren River cause minor toxic effects. We speculated that
AgNPs and ZnONPs spiked in the natural water had a stronger aggregation and changed
their physicochemical properties by interacting with the surrounding environment, which
consequently mitigated their toxic effects. However, AgNPs and ZnONPs spiked in the
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natural water increased the mortality of zebrafish embryos and delayed hatching time in
higher concentrations, as well as induced ROS, autophagy, and apoptosis.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/nano12040717/s1, Figure S1: Survival rate of zebrafish embryos
exposed to original water. (a) The survival rate of embryos treated with original water of NCKU Lake,
Zengwun Reservoir, and Erren River. Survival rates of each natural water group were high. Four
mg/L 3,4-dichloroaniline (3,4 DCA) was the positive control of acute embryo toxicity assay. Survival
rate of zebrafish embryos exposed to original water after passing through 1 μm, 0.45 μm, 0.22 μm,
and 0.1 μm filters of (b) NCKU Lake, (c) Zengwun Reservoir, and (d) Erren River at 0, 24, 48, 72, and
96 hpf. hpf, hours post-fertilization; Figure S2: Body length of zebrafish embryos in original water.
Body length of zebrafish embryos exposed to original water after passing through 1 μm, 0.45 μm,
0.22 μm, and 0.1 μm filters with different natural water: (a) NCKU Lake, (b) Zengwun Reservoir,
and (c) Erren River at 72 hpf. Body length was significantly longer than MQ water in each natural
water (* p ≤ 0.05). Body length of zebrafish embryos were measured by View 7 software. hpf, hours
post-fertilization.
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Abstract: The dissolution of metal-based engineered nanomaterials (ENMs) in aquatic environments
is an important mechanism governing the release of toxic dissolved metals. For the registration of
ENMs at regulatory bodies such as REACH, their dissolution behavior must therefore be assessed
using standardized experimental approaches. To date, there are no standardized procedures for
dissolution testing of ENMs in environmentally relevant aquatic media, and the Organisation for
Economic Co-operation and Development (OECD) strongly encourages their development into test
guidelines. According to a survey of surface water hydrochemistry, we propose to use media with
low concentrations of Ca2+ and Mg2+ for a better simulation of the ionic background of surface
waters, at pH values representing acidic (5 < pH < 6) and near-neutral/alkaline (7 < pH < 8) waters.
We evaluated a continuous flow setup adapted to expose small amounts of ENMs to aqueous media,
to mimic ENMs in surface waters. For this purpose, silver nanoparticles (Ag NPs) were used as
model for soluble metal-bearing ENMs. Ag NPs were deposited onto a 10 kg.mol−1 membrane
through the injection of 500 μL of a 5 mg.L−1 or 20 mg.L−1 Ag NP dispersion, in order to expose only
a few micrograms of Ag NPs to the aqueous media. The dissolution rate of Ag NPs in 10 mM NaNO3

was more than two times higher for ~2 μg compared with ~8 μg of Ag NPs deposited onto the
membrane, emphasizing the importance of evaluating the dissolution of ENMs at low concentrations
in order to keep a realistic scenario. Dissolution rates of Ag NPs in artificial waters (2 mM Ca(NO3)2,
0.5 mM MgSO4, 0–5 mM NaHCO3) were also determined, proving the feasibility of the test using
environmentally relevant media. In view of the current lack of harmonized methods, this work
encourages the standardization of continuous flow dissolution methods toward OECD guidelines
focused on natural aquatic environments, for systematic comparisons of nanomaterials and adapted
risk assessments.

Keywords: engineered nanomaterials; flow-through dissolution testing; aquatic environments;
OECD guidelines; environmental risk assessment

1. Introduction

The benefits related to the specific properties of engineered nanomaterials (ENMs)
have led to an increase in their use and production, raising particular attention to their
environmental behavior and toxicological impact. The wide disparity in estimates of
industrial production of ENMs demonstrates an important uncertainty in the quantification
of ENM discharges into the environment [1–3]. Nevertheless, early studies have predicted
that both terrestrial and aquatic environments are likely to be exposed to ENMs [1,4].
In the case of European surface waters, modeled concentrations of nanoparticles (NPs)
were found to exceed 0.18 ng.L−1 and 150 ng.L−1 for Ag and ZnO NPs, respectively, in
the 10% most exposed rivers, likely corresponding to rivers located near large cities and
downstream river systems [5]. ENMs can be transformed before entering the environment,
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for instance if they are released from wastewaters treatment plants [6]. Moreover, the
discharge of pristine ENMs in natural environments should also be considered, since ENMs
can be released through accidental events, weathering, or directly from the use of consumer
products [7–10].

1.1. Dissolution of Nanoparticles in Aquatic Environments

Dissolution is emphasized as one of the most important mechanisms governing the
fate of ENMs in aquatic environments. The oxidative dissolution of Ag NPs has been largely
studied in aquatic media [11–18]. For example, Li and Lenhart, (2012) [18] showed that the
dissolution of Ag NPs and the release of Ag+ is significantly limited in natural river waters.
It has been argued that aggregation of Ag NPs may hamper dissolution due to a substantial
decrease in the specific surface area [19]. However, several studies found that dissolution
of Ag NPs is dependent on the particle size rather than aggregation [14,20]. For regulatory
testing of ENMs dissolution rates, this information is important since up to now it was seen
as a requirement to bring ENMs into a stable dispersion for dissolution testing to avoid
effects of agglomeration. Extrinsic parameters such as pH, ionic strength, inorganic/organic
ligands, and temperature play also an important role. Gondikas et al. [21] demonstrated
that dissolution of citrate- and PVP-capped Ag NPs increases in the presence of cysteine.
In contrast, several studies showed that Ag NP dissolution is inhibited in the presence of
humic and fulvic acids or in the presence of natural organic matter (NOM) with high sulfur
and nitrogen content [17,22]. This points to a more complex process of ENMs dissolution
than only the complexation of the released cations by NOM, lowering the free ion activity
and thereby enhancing the apparent solubility and dissolution rate. Finally, pH is also
an important factor controlling the dissolution of Ag NPs, being enhanced at low pH
values [23–25].

For soluble ENMs such as Ag NPs, it has been established that the aqueous forms (e.g.,
dissolved ions or aqueous complexes) are to a large extent causing the toxic effects exerted
by these ENMs [26–29]. Aqueous solubility and dissolution kinetics are thus essential
for (eco-)toxicological hazard testing and risk assessment strategies and are a requested
information for registration of ENMs at regulatory bodies such as the European Chemicals
Agency (ECHA) [30]. Determining the dissolution rates of ENMs is particularly important
in determining risk/hazard since the rate of release of toxic ions prior to interaction
with ligands may be more important than equilibrium concentrations, and the lifetime
of the particulate form will determine the exposure to this ENM. However, high degree
of uncertainty remains when it comes to understanding dissolution kinetics of ENMs in
aquatic environments, mostly due to the lack of studies using aqueous media representing
the heterogeneity of the world’s aquatic environments, and adapted experimental setups.

1.2. Experimental Methods to Study the Dissolution of Nanoparticles in Aquatic Environments

When it comes to understanding the fate of ENMs in aquatic environments, a limiting
factor is the lack of standardized experimental procedures to study the specific endpoints
(solubility, dissolution rate, chemical transformation, hetero-agglomeration). Standardized
procedures would allow easier comparison between different ENMs and forms of the same
ENM, enable grouping and read-across between nanoforms, as well as the production of
more reliable data that can be implemented in geochemical models. International regulatory
bodies, such as ECHA, the Organization for Economic Cooperation and Development
(OECD) and the International Organization for Standardization (ISO), have argued that
these points should be addressed [31]. To date, several methods have been applied for
dissolution testing of ENMs [16]. However, there is no standardized OECD guideline for
dissolution testing of ENMs other than the guidance in OECD GD 318 [32,33]. The OECD
TG 105 [34] has been evaluated as not applicable for ENMs [35] and OECD GD 29 has
been identified as being in principle applicable with some adjustments for determining
solubility [36,37]. Nanomaterial-specific OECD test guidelines for dissolution rate testing
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in environmental media would thus be beneficial for generating data that are regulatory
relevant and reliable [38].

Generally, dissolution-testing methods can be divided into static batch and continu-
ous flow/flow-through approaches. Batch testing leads to a direct measure of the ENM
solubility in a specific aqueous medium. Moreover, when using ultra-trace analytical
techniques, it is possible to measure very low ion concentrations. However, it has several
limitations, especially when dealing with particles that are rapidly dissolving. For instance,
the ultra-centrifugation or centrifugal ultrafiltration of rapidly dissolving particles can lead
to an overestimation of the dissolution, because of the dissolution of the particles during
the centrifugation process. To the opposite, the dissolved fraction could be underestimated
using filtration techniques if the dissolved ions are adsorbed to the ultrafiltration membrane
or the walls of the filtration device. Furthermore, batch experiments are performed under
static conditions (i.e., limited supply of exposure medium) and may lead to a change of the
medium composition, due to ENMs dissolution and/or the re-precipitation of secondary
species. The challenges associated with the batch systems can be overcome by using a
flow-through/continuous flow setup. The continuous flow dissolution systems are con-
sidered to be more appropriate for dissolution rate measurements and present a more
environmentally realistic system. It allows for working with high liquid-to-solid ratios
(realistic high dilution of the ENM), and when using appropriate analytical instrumenta-
tion, it allows for the detection of low levels of dissolved species. Because of a constant
and almost unlimited provision of the medium, the back reactions are limited and low
electrolyte concentrations in the exposure medium can be used to mimic the chemical com-
position of natural waters. These results can finally serve as inputs into environmental fate
modeling. The flow-through setup has been described in ISO TR 19057 [39]. For instance,
Koltermann-Juelly et al. [40] studied the dissolution rates of 24 types of nanomaterials in
phagolysosomal simulant fluids, and Bove et al. [31] investigated dissolution of Ag NPs
in an in vitro assay simulating conditions which likely occur in human digestion. More
recently, Keller et al. [41] applied continuous flow systems to study the dissolution of BaSO4
in phagolysosomal and lung lining fluids. These studies demonstrated the advantage of
using continuous flow rather than static incubations to investigate and compare the dis-
solution rates of ENMs. Nevertheless, when adapted to simulate ENMs dissolution in
specific biological media, these studies applied relatively low flow rates and high loadings
of ENMs, which resemble elevated solid-to-liquid ratios and would not be translatable to
environmentally relevant conditions.

Here, we aim to provide guidance and recommendations for nanomaterials dissolu-
tion testing and dissolution rates determination under environmentally relevant conditions.
Based on a survey of surface water hydrochemistry, we outline the environmental con-
centration ranges of key parameters to be considered in studying ENMs dissolution in
natural aquatic environments. We present the proof of concept of a continuous flow setup
suitable to investigate dissolution kinetics at low ENMs concentrations, relevant for natural
environments. The results obtained on Ag NPs exposed to artificial waters demonstrate
the suitability of the continuous flow dissolution method to determine dissolution rates
of ENMs under non-equilibrium environmentally relevant conditions. This work will
aid in the standardization of a continuous flow dissolution approach adapted to study
ENMs dissolution kinetics in natural aquatic environments, and supports the ongoing
development towards OECD dissolution guidelines.

2. Materials and Methods

2.1. Continuous Flow Testing

Our experimental setup consisted of one 10 kDa Hydrosart® regenerated cellulose
membrane of 25 mm diameter (Sartorius Stedim Biotech GmbH, Goettingen, Germany)
enclosed into a metal-free polyether ether ketone (PEEK) filter holder (Wyatt Technology
Europe GmbH, Dernbach, Germany). After deposition of the NPs onto the membrane, a
high-performance liquid chromatography (HPLC)-type piston pump (Postnova Analytics
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GmbH, Landsberg am Lech, Germany) delivered the continuous flow of medium into the
ultrafiltration cell at rates between 0.2 to a few mL.min−1 (Figure 1). The exposed solution
was then collected at the outlet using an auto-sampler and analyzed for dissolved elemental
concentrations. This setup allows the direct separation between the nanoparticulate and
dissolved fractions, which are defined by the nominal cut-off of the ultrafiltration mem-
brane, here equal to 10 kDa (10.000 g.mol−1), which corresponds to a spherical particle
of ~3 nm diameter. Nanoparticles are deposited onto the membrane filter through the
injection of a NPs dispersion. The number of nanoparticles deposited at the surface of
the membrane is controlled by the concentration of the NPs suspension and the volume
injected. In contrast to previous continuous flow dissolution testing, where milligrams of
NPs powder are loaded between two membranes, such a method allows to inject smaller
amount of ENMs and to have a visible homogeneous coverage of ENMs at the surface
of the membrane [10,40]. In particular, a PTFE tube was used as an injection loop for all
experiments, in order to inject a volume of 500 μL of the NPs dispersion. This injection
loop was connected to the flow-through setup with an injection valve (Figure 1). At the
beginning of the experiment, the flow-through system was started in order to let the eluent
solution flush the whole system. After a few minutes, the injection loop was connected to
the system in order to inject the Ag NP dispersion.

Figure 1. Representation of the setup used for the flow-through dissolution experiments.

2.2. Survey of Surface Water Hydrochemistry

In order to define a media composition more representative of surface aquatic environ-
ments, a survey on selected parameters known to influence the dissolution of ENMs was
performed for several river systems. Specifically, pH, Ca2+, Mg2+, dissolved organic carbon
(DOC), orthophosphates, and conductivity were chosen as key factors [21–23,42–44]. Data
for the Danube River were extracted from the TransNational Monitoring Network (TNMN)
dataset of the International Commission for the Protection of the Danube River (ICPDR)
database [45]. For the Rhine river, data were extracted from the FGG Rhein database for two
measuring stations, Karlsruhe and Bad Honnef, located along the Rhine main tributary [46].
Data for the Elbe River were obtained from the specialized information system (FIS) of the
FGG Elbe database which have been collected at important measuring stations in the area
of the Elbe catchment within the national measuring programs [47]. For these databases,
values from 2015 to 2017 were extracted, corresponding to specific sampling locations and
times [45–47]. In addition, data of the same parameters were extracted from the Forum
of European Geological Surveys (FOREGS) [48] and the European Environment Agency
(EEA) [49] databases in order to represent a large and global pool of European surface
waters. From these data sets, minimum and maximum values, and median, first (Q1), and
third (Q3) quartiles were calculated and plotted.
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2.3. Experimental Conditions

Dissolution tests were performed using spherical 80 nm citrate-coated Ag NPs
(NanoXactTM) obtained from Nanocomposix, San Diego, CA, USA (JRD0035). In order
to assess the feasibility of the flow-through dissolution method, a set of experiments
were performed at pH 5 with 10 mM NaNO3 (Merck, Darmstadt, Germany) as exposure
medium. These experiments were performed in order (1) to define optimal experimental
parameters for the test and (2) to investigate the influence of extrinsic parameters (i.e.,
injection velocity, flow rate and ENMs loading). Table 1 summarizes the experimental
conditions tested for the dissolution experiments. Ag_0.2mL/min_2.2μg_NaNO3 and
Ag_0.2mL/min_8.2μg_NaNO3 were performed with 2.2 and 8.2 μg of Ag NPs loaded
onto the filter, corresponding to 2.99 % and 0.91 % of the filter area covered by Ag NPs,
respectively. For these experiments, the injection flow rate was set to 1 mL.min−1 dur-
ing 1 h. After injection, the flow rate was reduced to 0.2 mL.min−1 until the end of
the experiment. Ag_0.5mL/min_8.2μg_NaNO3 was performed with 8.2 μg of Ag NPs
loaded onto the membrane at a flow rate of 0.5 mL.min−1, constant during all the time
of the experiment. Ag_0.2mL/min_2.2μg_NaNO3, Ag_0.2mL/min_8.2μg_NaNO3 and
Ag_0.5mL/min_8.2μg_NaNO3 were performed in duplicates. All other experiments were
performed with an Ag NPs loading of 8.2 μg and a constant flow rate of 0.5 mL.min−1. For
the latter, 2 mM Ca(NO3)2 and 0.5 mM MgSO4 solutions (Merck, Darmstadt, Germany)
were used in order to have a Ca2+/Mg2+ ratio of 4:1, as recommended by the OECD guide-
line 318 [33]. To simulate acidic surface waters (ASW), Ag_0.5mL/min_8.2μg_ASW was
performed at pH 5. The pH of the eluent was adjusted using 0.2 M HNO3. To simulate near-
neutral surface waters (NSW), Ag_0.5mL/min_8.2μg_NSW was performed at pH 7.5 by
adding 5 mM NaHCO3

− to the Ca(NO3)2-MgSO4 solution, acting as pH buffer. As part
of this work, no DOC and orthophosphate were included, the aim being to show a proof
of concept of the continuous flow dissolution setup instead of discussing the impact of
ligands on the dissolution kinetic of Ag NPs.

Table 1. Experimental parameters and media composition used to perform the flow-through experiments.

Ag_0.2mL/min
_2.2μg_
NaNO3

Ag_0.2mL/min
_8.2μg_
NaNO3

Ag_0.5mL/min
_8.2μg_
NaNO3

Ag_0.5mL/min
_8.2μg_

ASW

Ag_0.5mL/min
_8.2μg_
NSW

Setup parameters

[Ag NPs]1 [mg.L−1] 4.3 16.4 16.4 16.4 16.4
Volume injected [μL] 500 500 500 500 500
Ag NPs loading [μg] 2.2 8.2 8.2 8.2 8.2

Injection time [h] 1 1 - - -
Injection flow rate

[mL.min−1] 1 1 - - -

Flow rate experiment
[mL.min−1] 0.2 0.2 0.5 0.5 0.5

Exposure media

pH 5 5 5 5 7.5
NaNO3 [mM] 10 10 10 - -

Ca(NO3)2 [mM] - - - 2 2
MgSO4 [mM] - 0.5 0.5
HCO3

− [mM] - - - - 5
1 the Ag NPs concentration injected was determined by acid digestion of 500 μL of the 20 mg.L−1 Ag NPs stock
solution. For Ag_0.2mL/min_2.2μg_NaNO3, the volume of the 20 mg.L−1 Ag NPs stock solution used to prepare
the 5 mg.L−1 solution was acid digested and Ag NPs concentration was thus assume from the dilution factor.

2.4. Samples Measurement and Data Treatment

For all experiments, samples were taken at 5, 10, 15, or 20 min intervals directly into
15 mL PP vials, acidified with 20 μL of 65%HNO3 (AnalaR Normapur®, VWR, Austria), and
analyzed by inductively coupled plasma-mass spectrometry (Agilent 7900 ICP-MS, Agilent
Technologies, Tokyo, Japan) for dissolved Ag concentrations. The ICP-MS was equipped
with a Ni cone, a MicroMist nebulizer and a scott-type double pass spray chamber. It was
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operated on standard mode, under continuous Ar gas flow (UHP, Nebulizer gas flow rate
at 0.8 L.min−1; Dilution gas flow rate of 0.4 L.min−1). The two stable isotopes 107Ag and
109Ag were measured for higher accuracy, and Rhodium (Rh, solution of 10 μg.L−1) was
used as internal standard. The ICP-MS was calibrated with dissolved Ag standards ranging
from 5 ng.L−1 to 50 μg.L−1 prepared from a single-element Ag standard (1000 μg.mL−1;
CGAG1−125 ml, Inorganic Ventures, Christiansburg, VA, USA) diluted with 2% HNO3.
The acid blanks for all measurement times show an averaged limit of detection (LOD;
3× standard deviation + mean) of 0.05 μg.mL−1and an averaged limit of quantification
(LOQ; 10× standard deviation + mean) of 0.12 μg.mL−1. Measurements were carried out
in triplicates.

ExperimentAg_0.2mL/min_2.2μg_NaNO3 wasperformedfor5h. Ag_0.2mL/min_8.2μg_NaNO3,
Ag_0.5mL/min_8.2μg_NaNO3, Ag_0.5mL/min_8.2μg_ASW and Ag_0.5mL/min_8.2μg_NSW
were performed for 8 h. For each experiment, apparent dissolution rates k were calculated
from the outflow concentrations using Equation (1):

k = [Ag]outlet × F/SA (1)

where k in μg.s−1.m−2, [Ag]outlet the Ag concentration measured at the outlet in μg.mL−1,
F the flow rate of the eluent in mL.s−1, and SA the combined surface area of the NPs
deposited on the membrane in m2. SA was determined considering the surface area of
an 80 nm diameter spherical NP, NPSA and the total number of NPs deposited onto the
membrane, NPsmembrane (SA = NPSA × NPsmembrane).

3. Results and Discussion

3.1. Hydrochemical Conditions to Investigate ENMs Dissolution in Natural Aquatic Media

Studies on solubility and dissolution kinetics are usually performed using deionized
water or simple background electrolyte solutions (e.g., NaCl, NaNO3 or Ca(NO3)2) for spe-
cific pH values [15,16]. However, the lack of complexity in the exposure media is not suited
to mimic ENMs dissolution in natural waters, which depends on an interplay between
intrinsic properties and extrinsic environmental parameters, unique to each environment.
Few variations are observed within one river system, such as the Danube and Rhine rivers,
and to a larger extent for the Elbe River. In contrast, the FOREGS database, issued from
the Geochemical Atlas of Europe [48], presents a wide range of values (Figure 2) covering
the diversity of various catchments on the continent. The FOREGS database is, to date, the
most relevant database to define media composition, mimicking a large pool of natural
surface waters, from alkaline rivers such as Danube and Rhine (Figure 2) to more acidic
waters mostly present in base-poor buffering capacity regions and/or organic-rich acid
buffering regions. However, it does not provide data on all chemical components, such as
orthophosphates. For this study, orthophosphate concentrations that are representative of
a pool of rivers were obtained from the European Environment Agency (EEA) database
“Waterbase-Water Quality” [49].

As recommended by OECD GD318 for the testing of nanomaterials dispersion sta-
bility [32], exposure media harboring low concentrations of the major ions reported in
surfaces waters, Ca2+ and Mg2+, would allow a better simulation of the ionic background of
surface waters [48]. In addition to standard tests performed using 10 mM Na(NO3), we thus
propose to use 2 mM of Ca(NO3)2 and 0.5 mM of MgSO4 to mimic a more realistic scenario
of natural waters. Such values are based on Ca2+ and Mg2+ concentrations reported by the
FOREGS database, with average concentration of 1.4 mM and 0.5 mM for Ca2+ and Mg2+,
respectively [48]. To simulate alkaline surface waters (pH 7–8), 2 to 5 mM HCO3

− should
be added to the exposure media.
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Figure 2. Boxplots illustrating the range values of (a) pH, (b) conductivity, (c) calcium concentration,
(d) DOC, (e) orthophosphate and (f) magnesium concentrations in specific and a pool of surface
waters. Data from 2015 to 2017 were obtained from The International Commission for the Protection
of the Danube River (ICPDR) [45], the River Basin Communities of Rhine [46] and the Elbe Data
Information System (FIS) of the River Basin Community [47] for the Danube, Rhine, and Elbe rivers,
respectively. Data from the Rhine River were obtained at the locations Bad Honnef and Karlsruhe.
The FOREGS (Forum of European Geological Surveys) Geochemical database [48] and the European
Environment Agency (EEA) database were used to represent European stream waters. * Data obtained
from the EEA database “Waterbase-Water Quality” [49].

For all databases, phosphate concentrations are significant, with values ranging be-
tween 0.001 to 0.190 mg.L−1 (Figure 2). Regarding the expected concentrations of ENMs
into aquatic environments, for example a maximum of 150 ng.L−1 for ZnO NPs [5], phos-
phate can thus play an important role by initiating transformation or formation of lower
soluble metal-phosphate coatings. Similarly, NOM in surface waters (Figure 2) might play
an important role, enhancing or inhibiting dissolution of ENMs [21,22,50]. Thus, for a more
realistic scenario, test medium should also include NOM and inorganic phosphate. We
should, however, point out the importance of separating two pivotal processes in environ-
mental aquatic media: dissolution and chemical transformation. Testing using a complex
aquatic chemistry (i.e., sulfide, Cl−, PO4

3−, HCO3
−, DOC) might trigger ENM transfor-

mations into less soluble phases [51–53] and affect the direct evaluation of the solubility
and dissolution rate. Determination of the dissolution rates in a medium that represents
natural conditions but does not induce other reactions is then necessary. In this regard,
precipitation of secondary species must be preliminarily predicted using thermodynamic
modeling.

3.2. Dissolution of Ag NPs in Simple Background Electrolyte: Validation of the Continuous Flow
System for Low Ag NPs Loadings

For all experiments performed at pH 5 with 10 mM NaNO3 as the eluent, higher
dissolved Ag concentrations were measured at the beginning of the exposure experiments
(Figure 3). During the first minutes of the exposure, the dissolution behavior of the Ag
NPs might be governed by the positioning of the particles in the filter holder. Since the
particles are not immediately fixed onto the membrane, they may remain dispersed in
the filter holder’s dead volume above the membrane, increasing the contact time with
the eluent and consequently the Ag concentration. Similarly, the increase in Ag concen-
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trations after 60 min exposure for the experiment Ag_0.2mL/min_2.2μg_NaNO3 and
Ag_0.2mL/min_8.2μg_NaNO3 correspond to an increase in contact time with the eluant
due to the decrease in the flow rate from 1 mL.min−1 to 0.2 mL.min−1. The presence of
dissolved Ag+ in the injected Ag suspension and sorbed Ag+ at the surface of the NPs
could also explain higher Ag concentrations at the beginning of the experiments.

Figure 3. Ag concentrations measured at the outlet of the flow-through setup for (a) 500 μL of
a 4.3 mg.L−1 Ag NPs suspension injected with a flow rate of 1 mL.min−1 for 1 h and set to
0.2 mL.min−1 for the rest of the experiment, Ag_0.2mL/min_2.2μg_NaNO3 experiment (b) for
500 μL of a 16.4 mg.L−1 Ag NPs suspension injected with a flow rate of 1 mL.min−1 for 1 h and set to
0.2 mL.min−1 for the rest of the experiment, Ag_0.2mL/min_8.2μg_NaNO3 experiment and (c) for
500 μL of a 16.4 mg.L−1 Ag NPs suspension injected with a flow rate set to 0.5 mL.min−1 during all
the time of the experiment, Ag_0.5mL/min_8.2μg_NaNO3 experiment. (d) Conceptual illustration of
the behavior of Ag NPs in the filter holder during the flow-through experiment.

Once the particles are deposited onto the membrane and are exposed to a continuous
and unchanged flow rate, outflow Ag concentration becomes stable (Figure 3). The apparent
dissolution rates calculated from the Ag concentrations (Figure 4) reached a steady state af-
ter 225 min for Ag_0.2mL/min_2.2μg_NaNO3, 400 min for Ag_0.2mL/min_8.2μg_NaNO3,
and 345 min for Ag_0.5mL/min_8.2μg_NaNO3. The average Ag concentrations and aver-
aged dissolution rates were calculated on the steady state range. Experiments performed
with 8.2 μg of Ag NPs loaded onto the membrane at two different flow rates show similar
averaged dissolution rates (k = 0.10 ± 0.002 μg.m−2.s−1 and k = 0.093 ± 0.009 μg.m−2.s−1

for Ag_0.2mL/min_8.2μg_NaNO3, and Ag_0.5mL/min_8.2μg_NaNO3, respectively). Nev-
ertheless, for the experiment performed at a flow rate of 0.2 mL.min−1, the averaged Ag
concentration at the outlet was 2.7 times higher, due to a longer contact time of the elu-
ent with Ag NPs (Figures 3 and 4d). Theoretically, lower flow rates would allow more
contact time between the eluent and the surface of the NPs, leading to higher Ag concen-
trations in the reaction zone and result in a larger diffusion boundary layer, both limiting
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the dissolution process. The study of Keller et al. [54] illustrates well the effect of the
flow-rate on the dissolution kinetics of nanomaterials such as BaSO4 NPs, by perform-
ing long term experiments with higher NPs loadings and flow rate ramping between
0.1 and 3.0 mL.h−1. Dissolution rates are not much different between the experiments
Ag_0.2mL/min_8.2μg_NaNO3, and Ag_0.5mL/min_8.2μg_NaNO3. However, it is likely
that at higher flow rates a more pronounced difference will be observed. However, for
highly soluble ENMs such as CuO and ZnO NPs, the influence of the flow rate on dissolu-
tion might be reduced [54].

Figure 4. Dissolution rates of 80 nm Ag NPs in 10 mM NaNO3 at pH 5, for different particles loadings
and flow rates. (a) Dissolution rates obtained for the Ag_0.2mL/min_2.2μg_NaNO3 experiment
corresponding to 2.2 μg Ag NPs exposed at a flow rate of 1 mL.min−1 for 1 h and 0.2 mL.min−1 for the
rest of the experiment. (b) Dissolution rates obtained for Ag_0.2mL/min_8.2μg_NaNO3 experiment
corresponding to 8.2 μg Ag NPs exposed at a flow rate of 1 mL.min−1 for 1 h and 0.2 mL.min−1 for the
rest of the experiment. (c) Dissolution rates obtained for Ag_0.5 mL/min_8.2μg_NaNO3 experiment
corresponding to 8.2 μg Ag NPs exposed at a flow rate of 0.5 mL.min−1. (d) Table showing the
average [Ag] concentrations and the averaged dissolution rates calculated on the steady state ranges.

Ag NPs loading appear to influence significantly the dissolution rate of Ag NPs when
applying the same 0.2 mL.min−1 flow (experiments Ag_0.2mL/min_2.2μg_NaNO3 and
Ag_0.2mL/min_8.2μg_NaNO3, Figure 4d). The dissolution rate was more than two times
higher for the experiment performed with 2.2 μg of Ag NPs (Ag_0.2mL/min_2.2μg_NaNO3,
k = 0.28 ± 0.07 μg.m−2.s−1) compared with the experiment performed with 8.2 μg of Ag
NPs (Ag_0.2mL/min_8.2μg_NaNO3, k = 0.10 ± 0.05 μg.m−2.s−1). A high particle loading
increases the dissolved ion concentration in the vicinity of the particle surfaces, limiting
their dissolution. To avoid local saturation around the nanoparticles, a higher flow rate
might be used. Nevertheless, the dissolution rates determined at a flow rate of 0.5 and
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0.2 mL.min−1 are similar (k = 0.09 ± 0.03 compared with k = 0.10 ± 0.05 μg.m−2.s−1,
respectively, both at 8.2 μg loading and with NaNO3). This indicates that the dissolution
rate of Ag NPs depends on the initial Ag NPs concentration. Concentration-dependent
dissolution of Ag NPs was already reported by several studies, showing higher dissolution
rates for lower Ag NPs concentrations [55,56]. Keller et al. [54] also highlighted the influence
of the initial NPs loading on the dissolution rate for BaSO4, CuO, ZnO and TiO2 NPs. Such
findings emphasize the importance to investigate ENMs dissolution at environmentally
relevant ENMs concentrations. Indeed, performing flow through dissolution experiments
using high initial NPs loading may result in wrong assessments of the dissolution rate of
an ENM in natural aquatic systems. We may also hypothesize that a larger amount of Ag
NPs injected does not result in the deposition of Ag NPs as a monolayer.

The disparity between the dissolution rates calculated for each experiment performed
using the same Ag NPs and the same exposure medium demonstrated that the dissolution
kinetic of Ag NPs is dependent on the initial NPs concentration. The flow rate is also an
important parameter to adjust for the success of the test and an appropriate representation
of the system to mimic. A low flow rate allows for longer interaction between the medium
and the ENMs, which would lead to a more reliable measurement of the dissolved fraction
at the outlet. Suitable for ENMs with low solubility, it may also result in local saturation and
underestimation of the dissolution rate. Experimental parameters (i.e., flow rate, exposure
time and ENMs loading) need to be adjusted to the environmental conditions we want to
mimic and to the solubility property of the studied ENM, keeping the feasibility of the test.
Based on the results obtained through these tests, we recommend performing continuous
flow dissolution experiments at a flow rate between 0.5 and 1 mL.min−1, sufficient to reach
a steady-state after 5–6 h of exposure, and allowing robust determination of the outlet
dissolved concentrations while reducing potential saturation effects.

3.3. Dissolution Rate of Ag NPs in Artificial Surface Waters

Continuous flow experiments were also performed using artificial waters intended
to mimic acidic streams (2 mM Ca(NO3)2 and 0.5 mM MgSO4 solution at pH 5) and near-
neutral/alkaline surface waters (2 mM Ca(NO3)2, 0.5 mM MgSO4 and 5mM NaHCO3

−
solution at pH 7.5). In both experiments, the steady-state plateau was reached after 400 min
(Figure 5a,b). The averaged dissolution rate of Ag NPs calculated for the near-neutral
artificial water exposure experiment was relatively low (Ag_0.5mL/min_8.2μg_NSW,
k = 0.08 μg.m−2.s−1). For this latter experiment, the averaged concentration of Ag mea-
sured in the eluant ([Ag] = 0.56 ± 0.01 μg.L−1) was higher than the LOD (0.05 μg.L−1)
and LOQ (0.12 μg.L−1) values determined for the ICP-MS. However, for the lower Ag
NP dissolution rate, lower Ag concentrations at the outlet might impact the relevance
and significance of the test, for example, if dissolved Ag concentrations are too low to be
accurately measured by ICP-MS (Figure 5c). In such case, lower dilution factors and/or a
lower flow rate might thus be suitable.

At a lower pH, the averaged Ag dissolution rate was higher (Ag_0.5mL/min_8.2μg_ASW,
k = 0.13 μg.m−2.s−1) than at pH 7.5 (Ag_0.5mL/min_8.2μg_NSW, k = 0.08 μg.m−2.s−1).
This trend is consistent with previous work showing an increase in Ag NPs dissolution in
acidic media [23]. Using the classic batch experiment, Mitrano et al. [57] investigated the
dissolution rate of 100 nm and 60 nm spherical citrate-coated Ag NPs in artificial and natu-
ral media. They reported dissolution rate values as logr = −11.72 and −12.23 mol.cm−2.s−1

in deionized water (pH = 6.7), logr = −12.14 and −12.71 mol.cm−2.s−1 in a natural surface
water (pH = 7.3) and logr = −12.46 mol.cm−2.s−1 in deionized water containing 2 mg.L−1

of DOC (pH = 4.8). Such values are close to the values obtained in this study, with log k
ranging between −12.58 and −13.13 mol.cm−2.s−1 for Ag_0.2mL/min_2.2μg_NaNO3 and
Ag_0.5mL/min_8.2μg_NSW, respectively.
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Figure 5. (a,b) Dissolution rates of 80 nm Ag NPs in environmental aqueous media. (c) Table showing
the average [Ag] concentrations and the averaged dissolution rates calculated on the steady state
ranges. Ag_0.5mL/min_8.2μg_ASW was performed at pH 5 with 2 mM Ca(NO3)2 and 0.5 mM
MgSO4 as exposure medium. Ag_0.5mL/min_8.2μg_NSW was performed at pH 7.5 with 2 mM
Ca(NO3)2, 0.5 mM MgSO4 and 5 mM of NaHCO3

− as exposure medium. Error bars correspond to
the incertitude of Ag concentrations measured by ICP-MS.

4. Conclusions

It is encouraged to develop standardized experimental procedures into OECD test
guidelines to evaluate the dissolution rate of nanomaterials in natural aquatic environ-
ments [32]. Flow-through/continuous flow dissolution experiments are well suited to study
dissolution kinetics of NPs and to systematically investigate NPs dissolution rates under
environmentally relevant conditions. The main advantages are (1) a continuous supply of
exposure media, (2) the possibility to expose small amounts of NPs (low solid/liquid ratio),
and (3) the instantaneous separation between the dissolved and the solid fractions. For
ENMs of very high or very low solubility, the flow-through testing can be easily adjusted
according to the fast depletion of the material in the one, and too small outlet concentrations
in the other case (i.e., NPs loading, flow rate). In contrast to recent studies investigating
dissolution of ENMs in physiological fluids using a continuous flow system [40,41,54],
our experimental approach uses the injection of ENMs dispersions which allows to load
significantly lower amount of ENMs, relevant to mimic realistic natural environmental set-
tings [5,58]. Our results demonstrated the feasibility to run flow-through dissolution tests
for ENMs loadings down to the microgram range using environmentally relevant exposure
media. The influence of the flow rate on the thickness of the diffusional boundary layer, the
dissolution rate [54], and the local saturation at the vicinity of the nanoparticles should be
further investigated. In particular, local saturation at the vicinity of the nanoparticles may
occur in natural settings, for example, in water-saturated soils and sediments where pore
waters may have longer residence time. In such specific aquatic compartments, it is rele-
vant to determine various dissolution rates from long term experiments with various flow
rates. In addition, establishing a clear recommendation of media compositions that would
represent a wide range of natural waters, covering the dissolution-relevant species, would
bring the tests closer to environmental realism. Here, it must be differentiated between
standard testing for the comparison of materials regarding only their dissolution behavior,
and tests, which aim to observe realistic environmental behavior including possible ENMs
transformations. In the first case, a controlled pH and a simple inert background electrolyte
would be suitable, whereas in the latter case, a more complex water chemistry including
phosphate, sulfate, chloride, sulfide, and NOM (and others) would be chosen. In summary,
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there is a growing need for standardizing and implementing continuous flow dissolution
testing in test guidelines to address a more realistic scenario of ENMs in natural aquatic
systems. This would improve reproducibility and comparability of results for the wide
diversity of pristine and transformed ENMs and allow their registration with international
regulatory bodies.
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Abstract: The use of nano-enabled products (NEPs) can release engineered nanomaterials (ENMs)
into water resources, and the increasing commercialisation of NEPs raises the environmental exposure
potential. The current study investigated the release of ENMs and their characteristics from six
commercial products (sunscreens, body creams, sanitiser, and socks) containing nTiO2, nAg, and
nZnO. ENMs were released in aqueous media from all investigated NEPs and were associated
with ions (Ag+ and Zn2+) and coating agents (Si and Al). NEPs generally released elongated
(7–9 × 66–70 nm) and angular (21–80 × 25–79 nm) nTiO2, near-spherical (12–49 nm) and angular
nAg (21–76 × 29–77 nm), and angular nZnO (32–36 × 32–40 nm). NEPs released varying ENMs’
total concentrations (ca 0.4–95%) of total Ti, Ag, Ag+, Zn, and Zn2+ relative to the initial amount
of ENMs added in NEPs, influenced by the nature of the product and recipient water quality. The
findings confirmed the use of the examined NEPs as sources of nanopollution in water resources,
and the physicochemical properties of the nanopollutants were determined. Exposure assessment
data from real-life sources are highly valuable for enriching the robust environmental risk assessment
of nanotechnology.

Keywords: nanopollution; nano-enabled products; engineered nanomaterials; physicochemical
properties; aquatic environments

1. Introduction

The global commercialisation of nano-enabled products (NEPs) is growing rapidly
year on year [1], and it is estimated to grow from USD 39.2 billion in 2016 to over USD
125 billion by 2024 [2]. Approximately 5000 NEPs were identified in various global in-
ventories between 2015 and 2021, belonging to six product categories, namely: health
and fitness, electronics and computers, home and garden, appliances, automotive, and
food beverages [3–7]. These inventories are generally dominated by health and fitness
NEPs, such as sunscreens, personal care products, and clothing products [3–7], which
exhibit medium to high probability of emitting engineered nanomaterials (ENMs) into the
environment during use, especially water resources (i.e., environmental exposure) [1,6].

Increasing the production and use of NEPs consequently raises the probability of pro-
portional ENMs’ release into aquatic environments; therefore, NEPs are potential sources
of daily nanopollution [6,8]. For instance, the release of some commonly applied ENMs in
NEPs such as silver (nAg) and zinc oxide (nZnO) into surface water is estimated at approx-
imately 4.9–1700 t/annually [9]. Elsewhere, it was estimated that 50–95% of ENMs (nAg
and nTiO2) are released into water resources along the life cycle of NEPs [10]. Furthermore,
environmental concentrations of ENMs in water systems differ from estimates from in silico
studies [11–15]. For example, Ag and Ti’ predicted environmental concentrations (PECs)
are reported, respectively, as 0.7–16 μg/L [16–19], and 0.014–2.2 μg/L [18–20], while mea-
sured environmental concentrations (MECs) were quantified at 0.03–19.7 μg/L (Ag) [21–23],
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0.67–150 μg/L (Ti) [12–14,24–26]. Continuous release of ENMs leads to concentrations of
nanopollutants reaching levels that can be hazardous in water resources [27].

In order to address concerns related to nanopollution, a considerable proportion
of studies have been undertaken on pristine ENMs [28], but the generated data cannot
be directly transferred to ENMs released from NEPs (product-released ENMs) due to
differences in physicochemical properties [29]. Differences in physicochemical properties
are due to (i) the manipulation of pristine ENMs during preparation for incorporation
into NEP, (ii) association of product-released-ENMs with other product components, and
(iii) the influence of the NEPs life cycle [28–30]. For example, before incorporation into
NEPs (e.g., cosmetics), the surface of nTiO2 are commonly modified with coating agents
such as aluminium hydroxide (Al(OH)3) or polydimethylsiloxane (PDMS) to facilitate
dispersion in the matrix of NEPs, to prevent/reduce photooxidation and generation of
reactive oxygen species (ROS) [31]. The behaviour of such functionalised nTiO2 does not
resemble pristine ENMs counterparts. Similarly, during the use of NEPs, some of the
physicochemical properties of ENMs can be altered after exposure of NEPs (i.e., clothing)
to environmental stressors such as ultraviolet and physical forms, the use of fabrics, and
how they are washed [32]. For instance, nano-enabled socks that were used released ca
50–100 nm compared to 1–2 nm counterparts released by unused socks [33]. Furthermore,
the washing method may also influence the amount and properties of ENMs released from
fabrics [34,35].

In that context, scientists focused on examining the environmental risk arising from
product-released ENMs, and studies on product-released ENMs and other articles (nanocom-
posites) have grown from 96 in 2017 [36] to approximately 120 in 2021. The studies illustrate
that the concentration of product-released ENMs varies considerably (0.01–35%), and so
does the size (<100–385 nm) and other physicochemical properties [36]. Due to the low sam-
ple mass/volume attainable after sample preparation and the limited analytical equipment
capability to analyse ENMs in complex matrices, fewer studies have optimally charac-
terised product-released ENMs [36,37]. As such, there is a considerable knowledge gap
on the exposure characteristics of product-released ENMs, and consequently, robust and
realistic risk assessment of product-released ENMs in the environment remains to be
established [38,39].

In order to establish and address environmentally realistic risks of product-released
ENMs, exposure assessment data need to be strengthened at the various stages of the life
cycle of NEPs (production, usage, and end of life) [36,40]. The current study examined the
release and exposure characteristics of product-released ENMs from a wide array of NEPs
that exhibit a medium to high nanopollution potential toward water resources [6]. The
NEPs samples were from the category of health and fitness products: sunscreens, hand
sanitiser, body cream, and socks samples. The health and fitness category, specifically
personal care products, has been shown to dominate NEPs markets worldwide [3–7]. The
selection of NEPs was further influenced by, but not limited to, include a few chemical iden-
tities of ENMs, the physicochemical properties of the applied ENMs, and the location of the
ENMs within the product; all of which influence the environmental exposure potential of
ENMs [6]. By considering the current data gap regarding the environmental risk associated
with the use of NEPs, the current study sought to enrich the data on the physicochemical
properties of product-released ENMs as an essential component to advance global efforts
to determine the probable risk of nanopollutants in aquatic environments.

2. Materials and Methods

Six NEPs, namely three sunscreens, SUN1 (nTiO2 + nZnO), SUN2–3 (nTiO2); body
cream CA1 (nTiO2 + nAg); sanitiser; SAN1 (nAg); and socks SK1 (nTiO2 + nAg) were
purchased from South African retailers. The physicochemical properties of the ENMs
incorporated in the six NEPs varied and were previously reported [41]. Briefly, SUN1
contained elongated nTiO2, and angular nZnO particles sized 14 × 62 nm and 35 × 38 nm,
respectively. SUN2 and SUN3 contained angular-shaped nTiO2 with a size range of
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20–28 × 27–32 nm and 20–28 × 27–32 nm, respectively. Near-spherical nAg particles with
the size range of 22–37 nm were observed in SAN1. CA1 and SK1, respectively, contained
nTiO2 particles sized at 8 × 53 nm (elongated) and 32–203 × 48–135 nm (angular), the
NEPs also contained near-spherical nAg ranging 18–28 nm. The particles were negatively
charged, and the nTiO2 phase was rutile or anatase. The total amounts of ENMs differed
between NEPs [41].

2.1. Procedures for ENMs Release

The procedures used to investigate the release of ENMs from NEPs differed and are
described in Sections 2.1.1 and 2.1.2. In all instances, the procedures were adapted to simu-
late conditions (but not fully replicate actual life cycle stages) that promote ENMs release
from the NEPs. However, some stages applicable during the use of current NEPs (e.g.,
application of sunscreen or sanitiser to the skin, prior wearing of socks) were eliminated
as the primary focus of the study was the analytical determination of the potential for
ENMs release. Furthermore, simple (or standard) aqueous media were preferred to avoid
physicochemical complexation, which occurs when using complex media and uncharac-
terised commercial detergents [42]; however, release evaluations in complex media with
greater environmental realism are the cornerstone of nanotechnology risk assessment and
are recommended for future studies as analytical capabilities and access advances. All
investigations were carried out in triplicate.

2.1.1. Release of ENMs from Suncreen 1–3 (SUN1–3) and Body Cream 1 (CA1)

The release of ENMs from SUN1–3 and CA1 followed a slightly modified protocol of
Botta et al. [43]. Briefly, 2 g of SUN1–3 and CA1 were aged in 180 mL of release media for
48 h at 25 ◦C under darkness (plastic beakers were capped and covered with heavy-duty
aluminum foil) and under illumination: −6000 lux (uncapped transparent plastic beakers).
The SUN1–3 ENMs were released in Milli-Q water (18 MΩ·cm), freshwater, seawater or
swimming pool water (S1.1), while the CA1 ENMs were released using Milli-Q water only;
the properties of the release media are given in S1.1. ENMs were released by agitating the
suspension at 400 rpm for 48 h, and the sample volume was maintained by continuously
adding aqueous media throughout the 48 h. Agitation was stopped after 48 h, and the
samples were allowed to settle for another 48 h, a step that caused sedimentation that
resulted in two phases (surface suspension and sediment); the overall duration of ENMs
release was 96 h. The two phases were separated by sampling 150 mL of stable suspension;
the sediments were not disturbed during sampling. The stable suspensions were prepared
for product-released ENMs analysis (Section 2.2).

2.1.2. Release of ENMs from Sock1 (SK1) and Sanitiser1 (SAN1)

The release of ENMs from SK1 was undertaken by adapting previously developed
methods [44,45]. Briefly, areas (spots/regions) of the sock material marketed and experi-
mentally confirmed to be incorporated with nAg and nTiO2 [41] were cut from SK1 samples
and transferred into 1 L glass bottles, washed with 200 mL of the release media (Milli-Q
water, tap water, and sodium dodecyl sulfate as a detergent). The detergent media was
prepared in two ways: (i) sodium dodecyl sulfate 1, which was prepared in Milli-Q water,
while (ii) sodium dodecyl sulfate 2 was prepared in tap water. The samples were washed
by shaking at 350 rpm at 40 ◦C for 12 h (2 washes). After the final washing cycle, the
fabrics were removed from the washing water, and the samples were prepared for analysis
(Section 2.2).

For SAN1, ENMs were released following a slightly modified method of Benn et al. [46]
and Mackevica et al. [47]. Briefly, 1 mg/L of the sample was prepared in Milli-Q water and
ENMs released by agitating at 350 rpm at 40 ◦C for 24 h. After ENMs’ release, samples
were prepared for analysis (given in Section 2.2).

SUN1 (nZnO), CA1 (nAg), SAN1 (nAg), and SK1 (nAg) were incorporated with ENMs
that are relatively soluble. The released ions were recovered from the release media through
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sequential filtration. The samples were sequentially filtered using Amicon® Ultra-15 30 K
centrifugal filters (30000 MWCO, Merck, South Africa), followed by further centrifugation
using Amicon® Ultra-15 3 K centrifugal filter devices (3000 MWCO, Merck, South Africa)
for 30 min at 10,000 rpm for each filtration step. The released ions (filtrates from the 3 K
centrifugal filter device) were quantified (Section 2.2.3).

2.2. Physicochemical Properties of Product-Released ENMs
2.2.1. Electron Microscopy

Images of product-released ENMs were obtained using a JEOL-JEM 2100 high-resolution
transmission electron microscope coupled to energy-dispersive X-ray spectroscopy (HR-
TEM-EDX) (Tokyo, Japan) fitted with a LaB6 filament operated at 200 kV. A Cu grid with
a holey carbon film was dipped in the sample solution and air-dried for 12 h, followed
by TEM-EDX analysis. Multiple images were captured at different spots on the grid to
measure the product-released ENMs’ size (minimum particle set at 50) using the ImageJ
software.

2.2.2. Surface Charge of Product-Released ENMs

A Zetasizer Nano ZS (Malvern Instruments, Worcestershire, United Kingdom) was
used to determine the zeta (ζ) potential of product-released ENMs in the release media,
which measured the physicochemical properties reported in Table S1.

2.2.3. Elemental Analysis

Elemental analysis of product-released ENMs was performed using inductively cou-
pled plasma mass spectrometry (ICP-MS, Icap Q, Thermo Fisher Scientific, Waltham,
United States of America). For total Ti, Zn, Ag, and Si analysis, samples were predigested
following a modified MARS 6 Method Note Compendium [48]. Product-released ENMs
samples were transferred into digestion vessels, 5.0 mL of nitric acid (HNO3) (70%, Merck,
Johannesburg, South Africa) was added, followed by swirling the vessel and leaving it open
for approximately 10 min. After 10 min, 2.0 mL of hydrogen peroxide (H2O2) (37%, Merck,
Johannesburg, South Africa) and hydrofluoric acid (HF) (49%, Merck, Johannesburg, South
Africa) were added to samples containing Ag and Ti, respectively. The microwave digestion
program followed the cosmetic and textile heating program highlighted in the MARS 6
Method Note Compendium [48]. All product-released ENMs’ digests were filtered using
a 0.45 μm filter syringe (Merck, Johannesburg, South Africa) and prepared for ICP-MS
analysis, monitoring 66Zn, 48Ti, 107Ag, 28Si, 27Al, and 45Sc (internal). The performance
of the digestion method was evaluated by digesting both bulk (Zn, Ti and Ag, Anatech
instruments, Johannesburg, South Africa) and nTiO2 (Tavo commercial nanocomposite,
Merck, Johannesburg, South Africa), Ag (bare and aminated, nanoComposix, San Diego,
United States of America) and ZnO (Z-cote, a commercial nanocomposite, BASF, Johannes-
burg, South Africa). The recovered filtrates were acidified (5% using HNO3) and directly
analysed for the dissolved ions. Appropriate sample dilutions were performed prior to
analysis.

2.3. Data Analysis

Statistical analysis and drawing of graphs were performed using GraphPad Prism8 ver-
sion 8.4.3 for Windows (GraphPad Software, La Jolla, San Diego, United States of America).
Student’s t-test and two-way ANOVA with Tukey’s HSD post hoc test were applied to
examine differences between samples, with significance tested at α = 0.05.

3. Results and Discussion

3.1. Characterisation of Product-Released ENMs

The release methods used in the current study successfully released ENMs from all
NEPs as confirmed in all exposure media variants (Sections 3.1.1–3.1.3).
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3.1.1. Sunscreen 1–3 (SUN1–3) Product-Released ENMs

Product-released ENMs in different release media (Milli-Q, freshwater, swimming
pool water, and seawater) obtained under light conditions are provided in Figure 1 (TEM
images) and Figure S1 (elemental profile). TEM images and elemental profiles of product-
released ENMs obtained under dark conditions are given in Figures S2 and S3, respectively.
Variation of illumination conditions and release media did not influence the morphology of
product-released ENMs. SUN1-released nTiO2 were elongated, while nZnO was angular
in shape. SUN2–3-released nTiO2 were angular in shape, shapes that were previously
reported [41].

Figure 1. TEM images of product-released ENMs obtained under light conditions for SUN1 detected in Milli-Q water (A),
freshwater (B), swimming pool water (C), seawater (D), SUN2 detected in Milli-Q water (E), freshwater (F), swimming pool
water (G), seawater (H) and SUN3 detected in Milli-Q water (I), freshwater (J), swimming pool water (K), seawater (L).

Product-released ENMs were still predominantly associated with aluminium (Al) and
silicon (Si) (Figures S1 and S3), indicative of remnants of coating agents [49–51], either
intact on the surface of product-released ENMs or in the release media. The intensities of
the Al and Si peak varied between the release media and the type of sunscreen (Figures S1
and S3), demonstrating that the release media or exposure conditions affected the ENMs
coating agents differently.

The findings confirmed that product-released ENMs were not released in naked forms
(pristine ENMs), supporting previous reports that product-released ENMs are commonly
released associated the matrix of NEPs (transformed state) [14,42]. For example, in SUN1, Si
appeared to have been predominantly released into the media, while Al partially remained
adsorbed in product-released nTiO2 (Figure S4). In SUN2 and SUN3, Si remained mainly
attached to product-released nTiO2 (Figure S5). The desorption of the coating agents from
product-released ENMs surface has implications for the exposure potential of ENMs in
aquatic environments, as they influence their reactivity [52], bioavailability and toxicity to
aquatic organisms [53–55]. The findings partly illustrated that the environmental exposure
characteristics arising from the use of NEPs could not be accurately established from

71



Nanomaterials 2021, 11, 2537

studies using pristine ENMs, which leads to the need for refinement and standardisation
of ENMs release protocols to improve exposure assessment data.

Similar to the shape of the released ENMs, the sizes (width × length) were also un-
affected by both illumination and release media (Table 1 and Figure S6). The average
size of SUN1-released nZnO was 32–36 × 32–40 nm, while product-released nTiO2 were
7–9 × 66–70 nm. The SUN2-released ENMs sizes were 27–30 × 33–37 nm, while SUN3-
released ENMs were 21–22 × 25–28 nm. The average size of SUN2-released ENMs was
in agreement with previously reported sizes [41]. The distribution of the SUN1-released
nZnO particles (W × L) in Milli-Q water and freshwater were comparable, and the distri-
bution densities were similar to the ENMs incorporated in SUN1. SUN1-released nZnO
distributions (W × L) in seawater and swimming pool water were similar; the distribution
(upper and lower quartiles and violin density) was comparable to the ENMs found in
SUN1. The particle distributions of SUN1-released nTiO2 (W × L) were similar in all media.
The upper and lower quartiles of the SUN1-released nTiO2 (W × L) distribution slightly
varied; the ENMs in SUN1 but were comparable in violin density [41]. In all release media,
the product-released nTiO2 distribution profiles of SUN2 and SUN3 were also similar and
generally comparable to ENMs in the respective SUNs. While the distribution profiles
in all SUN’s were comparable to ENMs in NEPs, few exceptions, especially on violin
shape/structure and quartiles, were observed.

Table 1. Particle shape and the average size of product-released ENMs in different release water media. a and b are the sizes
of product-released ENMs obtained under light and dark conditions, respectively.

Release Media Milli-Q Water Freshwater Swimming Pool Water Seawater

Sample ENMs Type ENMs Shape Size (nm) Size (nm) Size (nm) Size (nm)

SUN1

ZnO a Angular 34 ± 6 × 37 ± 7 35 ± 9 × 32 ± 8 38 ± 7 × 39 ± 5 36 ± 4 × 40 ± 7
ZnO b Angular 37 ± 9 × 39 ± 8 36 ± 4 × 37 ± 4 37 ± 9 × 39 ± 9 43 ± 6 × 42 ± 9
TiO2

a Elongated 7 ± 2 × 66 ± 6 9 ± 2 × 66 ± 7 9 ± 3 × 67 ± 9 8 ± 2 × 70 ± 7
TiO2

b Elongated 10 ± 2 × 68 ± 6 9 ± 3 × 64 ± 7 9 ± 3 × 64 ± 5 9 ± 2 × 67 ± 8

SUN2
TiO2

a Angular 30 ± 4 × 33 ± 7 30 ± 4 × 34 ± 5 27 ± 6 × 35 ± 6 29 ± 4 × 37 ± 4
TiO2

b Angular 31 ± 7 × 36 ± 7 29 ± 6 × 32 ± 8 31 ± 4 × 35 ± 8 32 ± 4 × 38 ± 8

SUN3
TiO2

a Angular 21 ± 5 × 25 ± 5 22 ± 4 × 25 ± 5 22 ± 4 × 28 ± 5 21 ± 6 × 26 ± 5
TiO2

b Angular 22 ± 5 × 28 ± 6 27 ± 4 × 25 ± 7 26 ± 5 × 26 ± 6 23 ± 5 × 26 ± 6

Product-released ENMs of all sunscreens were negatively charged, illustrating that,
as expected, illumination did not influence the surface charge (under light: Figure 2 and
dark: Figure S7). Although all product-released ENMs were negatively charged, the
stability of product-released ENMs varied between the release media. Relatively high ζ

potentials (negative or positive, a minimum value of 22 mV) are considered electrically
stable, while lower ζ potentials are less stable and can lead to rapid agglomeration of
nanoparticles [56]. All sunscreen-released ENMs were stable in Milli-Q and freshwater and
unstable in seawater and swimming pool water. The difference in the stability of sunscreen-
released ENMs is well corroborated with the TEM-EDX results (Figures S1 and S3), where
the coating agents of product-released ENMs were affected differently by the different
release media. ENMs are functionalised with coating agents to improve stability [57];
therefore, alteration of the ENMs coating agents will directly affect the stability of ENMs
and their fate in aquatic systems [58,59].

The findings of the current study were comparable to previous reports. For example,
the size range of elongated product-released nTiO2 obtained in the current study was
comparable to the range (10 × 139 nm) of sunscreen-released nTiO2 (elongated) previously
reported [42,43]. The negative surface potential of sunscreen-released ENMs was also
previously reported [43,60].
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Figure 2. Zeta potential of product-released ENMs (PR–ENMs) obtained under light conditions in different release media of
Milli-Q water (MQ), freshwater (FW), swimming pool water (SWP), and seawater (SS).

3.1.2. Sanitiser 1 (SAN1) and Body Cream (CA1) Product-Released ENMs

SAN1 and CA1 ENMs were successfully released into the respective media, as shown
in Figure 3 and Figure S8 (size distribution of product-released ENMs). SAN1-released nAg
were near-spherical and averaged 10 ± 2 and 23 ± 4 nm, indicating distinct size classes. The
SAN1-released nAg generated two distribution profiles that differed in the upper quartiles;
one of the profiles was comparable to the ENMs in SAN1 [41]. The other distribution
differs from the ENMs profile in SAN1 on width, indicating possible agglomeration. The
SAN1-released nAg ζ potentials were determined to be −32.5 ± 2.1 mV.

Binary CA1-released nTiO2 and CA1-released nAg were detected under both illu-
mination conditions (Figure 4 and Figure S9), the Si peak of the coating agents was also
detected. The CA1-released nTiO2 were elongated in shape and had an average size of
8 ± 3 × 60 ± 13 nm (under light) and 9 ± 3 × 66 ± 9 nm (under dark), indicating that
the size was not affected by variation in illumination. Near-spherical CA1-released nAg
were detected in three distinct average sizes of 12 ± 3, 27 ± 7, and 49 ± 9 nm under light
conditions, relative to 10 ± 3, 28 ± 8, and 54 ± 8 nm under dark conditions, indicating
that illumination variation did not affect ENMs sizes. The distribution and the violin
density of CA1-released nAg obtained under light and dark conditions were similar. The
distribution density of the CA1-released nAg and ENMs was comparable, but differed in
the upper quartiles, indicating possible particle transformation. Similarly, the distribution
of CA1 released nTiO2 was comparable, except in the lower quartiles of CA1 released
nTiO2 obtained under dark conditions. CA1-released ENMs obtained under light and dark
conditions were negatively charged at −23.6 ± 1.3 and −22.8 ± 1.2 mV, respectively.
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Figure 3. TEM-EDX illustrating SAN1-released ENMs (A) and binary CA1-released ENMs obtained
under light conditions (B). (B1,B2) are higher magnification of image B showing product-released
nAg and product-released nTiO2, respectively.

The presence of different product-released nAg size classes indicated that the ENMs
were transformed during release, since the primary size of the ENMs incorporated in the
NEPs averaged 21.7 ± 6 (CA1) and 22 ± 7 nm and 37 ± 4 nm (SAN1) [41]. In aquatic envi-
ronments, pristine nAg are susceptible to undergo various transformations [61], including
oxidative dissolution and reformation of Ag particles, leading to the formation of particles
of different sizes [62,63]. Peretyazhko et al. [64] found that after the dissolution of pristine
nAg, the size of the particles increased due to Ostwald ripening. In the case of particle size
decrease, some studies attributed the reduction to the dissolution of nAg, followed by the
reduction-driven formation of smaller nAg [65,66]. Furthermore, it was shown that in the
absence of environmental factors such as ultraviolet radiation and environmental ligands, a
simple dilution of concentrated nAg suspensions and colloidal Ag-based products such as
SAN1 can cause particle destabilisation leading to the formation of agglomerates and the
reduction in particle size [67,68]. The change in the particle size of nAg incorporated into
body cream and mouth spray in artificial sweat and saliva was previously reported [69];
product-released ENMs experienced significant growth in size from 5 to 25 nm to 10 to
800 nm.
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Figure 4. Images and respective spectra obtained from TEM-EDX characterisation of SK1-released
ENMs (A). Images (A1,A2) are high magnification of image A, specifically showing near-spherical
SK1-released nAg and angular SK1-released nTiO2 particles, respectively.

Environmental exposure to product-released ENMs in aquatic environments has
been reported mainly from commercial clothing [70,71], personal care products (tooth-
brushes, toothpaste, face masks, shampoo, and detergents) [46,47], and paints [72]. The
sizes of personal care-released nAg and paint-released nAg were 42–500 nm [46,47] and
<15–100 nm [72], respectively. Similar to most release studies, the product-released nAg
were still embedded in the NEPs’ matrix. Herein, the SAN1-released nAg did not appear to
be embedded in the product matrix and were individually isolated or agglomerated; such
findings further illustrate that ENMs release potential is influenced by their loci in products
and product formulation. CA1-released ENMs were often visualised to be encircled by
a layer that could not be accurately identified, whether being components of the NEP’s
matrix or ENMs coating agents; however, it is worth noting that Si was detected in the
sample by EDX (Figure 4). The physicochemical state at which the product-released ENMs
were detected in aqueous environments was predominantly related to the matrix of NEPs.
For example, SAN1 was a clear liquid suspension with a viscosity comparable to water,
while CA1 was a semi-solid cream made up of organic compounds.
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3.1.3. Socks 1 (SK1) Product-Released ENMs

Washing SK1 released binary ENMs (nTiO2 and nAg) (Figure 4). SK1-released nAg
were near-spherical and angular in shape and averaged 8 ± 4 nm and 21–76 × 29–77 nm,
respectively. The angular particles were smaller and rapidly agglomerated. SK1-released
nTiO2 were angular and averaged 80 ± 25 × 79 ± 29 nm (Figure S10). The distribution
of SK1-released nTiO2 and the spherically shaped SK1-released nAg and the respective
ENMs in SK1 are comparable. The profile of angular/irregular shaped SK1-released nAg
and nAg in SK1 slightly differs, an expected observation since nAg size was affected by the
ashing procedure [41].

SK1-released ENMs were coated with Si, and Al, and the coating agents were found
to be intact on some SK1-released ENMs (Figure S11). Similar to the previous product-
released ENMs (in the preceding sections), the SK1-released ENMs’ surface was negatively
charged (−33.0 ± 2.1 mV). The current findings are in agreement with previous reports,
whereby product-released nAg (20–40 nm) and product-released nTiO2 (60–350 nm) were
detected after washing nano-enhanced textiles [70,71].

It is worth mentioning that considerable analytical challenges were initially experi-
enced during the characterisation of SK1-released ENMs. First, SK1-released ENMs were
not detected (TEM-EDX) without a pre-enrichment step, especially for SK1-released nAg.
After sample enrichment, small particles (~4–6 nm) were imaged but could not be identified
because the EDX beam rapidly destroyed them. Finally, the washing detergent introduced
a thick layer that concealed the SK1-released ENMs underneath (Figure S12). To improve
TEM-EDX characterisation, the number of SK1 units washed concurrently was increased;
for this part, the release media was limited to Milli-Q water. Increasing the number of
SK1 samples washed simultaneously and concentrating the sample through centrifuga-
tion improved TEM-EDX characterisation and enabled SK1-released ENMs particle size
quantification.

Overall, the characterisation of product-released ENMs showed that all NEPs investi-
gated in the present study are potential nanopollution sources for water resources. The
shapes of the respective product-released ENMs were similar to the ENMs incorporated
into the respective NEPs, whose physicochemical properties were previously reported [41].
The sizes of SUNs-released ENMs were comparable to the sizes determined in the NEPs [41].
However, in the case of CA1, SAN1, SK1, the product-released ENMs sizes were slightly
different from the ENMs incorporated into the NEPs [41], especially for nAg, where the
transformation occurred in terms of the change in particle size (increase and decrease). The
physical properties of product-released ENMs are crucial in understanding the behaviour,
fate and effects of nanopollutants in aquatic environments, where several studies have
already reported their presence in real environmental samples [13,14,73–75].

3.2. Elemental Quantification of Product-Released ENMs

The digestion, analysis, and recovery method of nano- and bulk reference standards
were within the acceptable ranges of (75–107%) Ti, (72–97%) Ag, (74–98%) Zn, (70–91%) Al
and (70–87%) Si.

3.2.1. Sunscreen 1–3 (SUN1–3) Product-Released ENMs

The total concentration of Ti, Zn, and Zn2+ released relative to the initial amount of
ENMs added to the sunscreens varied and ranged in general between 0.4 and 8% (w/w)
(Figure 5). SUN1–3 released Ti at different extents; in most exposure scenarios, SUN3 >
SUN2 > SUN1. In addition to Ti release, SUN1 simultaneously released Zn and Zn2+ in the
range of 0.67–5.7% (w/w) and 0.5–3.0% (w/w), respectively (Figure 6). The amounts of Zn
and Zn2+ in the respective product-released ENMs release media were mostly different
(Figure 6). Indicative that SUN1 generally releases Zn in particulate and ionic forms.
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Figure 5. The amount of Zn2+, Zn, and Ti released from SUN1–3 in different release media (Milli-Q water (MQ), freshwater
(FW), swimming pool water (SPW), and seawater (SS) under light (L) and dark (D) conditions.The differing of symbols (�
� �) on top of error bars indicates statistical difference (p < 0.05) between the release media treatments.

Figure 6. The amounts of SAN1 and CA1-released nAg and released Ag ions; L and D denote light
and dark conditions, respectively.

The amounts of Ti, Zn, and Zn2+ released from sunscreens were influenced by nature
of the NEPs formulation (the initial amount present in the NEP matrix and the prod-
uct matrix) and simulated environmental conditions (water chemistry and variation in
illumination). The influence of the initial amount present in the NEPs was observed be-
tween SUN2 and SUN3 (being of the same brand). SUN3, which contained more nTiO2
[1.6% (w/w)] compared to SUN2 [0.95% (w/w)] [41], released relatively higher amounts of
Ti (p = 0.0001–0.01). A further comparison of the amount of Ti released by SUN1–3 showed
that the NEPs matrix also influenced Ti release. Although SUN1 contained relatively more
nTiO2 [4.31% (w/w)] than SUN2–3 [<3% (w/w)] [41], the total amounts of Ti released from
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SUN1 were lower than SUN2–3 (Figure 6)—probably an influence of the formulation of the
product on the release of ENMs.

In terms of environmental conditions, the amounts of Ti, Zn, and Zn2+ were mainly
influenced by water chemistry rather than illumination variations; illumination rarely
influenced the amounts released. In descending order, the amount of Ti released from
SUN1 under light and dark conditions was Milli-Q water ≥ freshwater ≥ seawater >
swimming pool water and freshwater > Milli-Q water > Seawater ≥ swimming pool water,
respectively. In the case of Zn, the trend of the amounts released under light and dark
conditions, in descending order, was Milli-Q water > freshwater> seawater > swimming
pool water and Milli-Q water > seawater > freshwater > swimming pool water, respectively.
The amounts of Zn2+ followed a descending order of Milli-Q water > seawater > freshwater
≥ swimming pool water for both illuminations. The Ti amount trends (descending order)
of SUN2 and SUN3 were Milli-Q water > freshwater ≥ swimming pool water > seawater
and Milli-Q water > swimming pool water > freshwater ≥ seawater for both illuminations,
respectively.

The ionic strength of the release media probably enhanced the agglomeration and
sedimentation rate, thus probably causing the differences in the amount released. The
release media influenced the dispersion of the sunscreens in the media was different; for
example, in Milli-Q water and freshwater, the sunscreens dispersed thoroughly and turned
into a homogeneous milky solution, while in other cases, the sunscreen matrix fragmented
and formed flocculates. The difference in the dispersion and sedimentation of the NEPs
matrix in the release media has implications for ENMs’ exposure dynamics in the aqueous
phase, as the two (uniform mixture and flocculates) will have different sedimentation
rates; flocs sediment faster due to gravity [76]. Different ENMs sedimentation rates were
reported in different water chemistries and are influenced by ionic strength, ionic species,
and dissolved oxygen [77].

Overall, the current findings illustrated the varying nanopollution characteristics
arising from sunscreen NEPs in different water quality environments and that the degree of
nanopollution depends on both the NEPs’ matrix properties and recipient resource water
quality. Furthermore, the results showed that the product-released ENMs will pollute not
only the aqueous phase of aquatic environments but also sediments, in addition to adsorp-
tion to abiotic and biotic entities. The sedimentation rate influenced the concentrations
detected in the suspension, a factor that will be at play in real water bodies as driven by
the velocity of the water and other characteristics. Investigations of ENMs sedimentation
were carried out on pristine ENMs, and it was found [78] that 50% and 70% of nTiO2 and
nZnO were found to sediment within the first 24 h and continued to slowly sediment for
the next 2 to 14 days in natural water, respectively. Similarly, the study by Botta et al. [43]
showed that a significant proportion of sunscreen-released nTiO2 in seawater aggregated
and sedimented. The rate of sedimentation influences the exposure dynamics of benthic
organisms. Beyond the release stage, the behaviour of product-released ENMs in aquatic
environments and the effects on benthic organisms are not well understood and warrant de-
tailed attention. As such, at more robust levels, ENMs exposure assessment must consider
aquatic resource characteristics.

3.2.2. Sanitiser 1 (SAN1) and Body Cream (CA1) Product-Released ENMs

The amount of Ag, Ag+, and Ti released from SAN1 and CA1 varied (Figure 6). SAN1
released considerably higher amounts of Ag than CA1 (p = 0.001); the characteristics of the
NEPs matrix probably caused the observed difference—further illustrating the influential
role of the NEPs matrix in the potential for exposure to ENMs. Both SAN1 and CA1 released
Ag in particulate and dissolved forms. The amount of Ag and Ag+ in the respective release
media of SAN1 (p = 0.0002) and CA1 (p = 0.003–0.005) varied, indicating the coexistence of
particulate and ionic Ag. CA1 further released Ti amounts higher and comparable to Ag
under light (p = 0.02) and dark (p = 0.056) conditions.
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Some NEPs containing nAg were classified as having medium to high exposure
potential to water resources [6,7,79]. The studies reported that toothbrushes released nAg
(5.9–626 ng/L) [47], paints released nAg (30%) [72], and plush toy exterior fur released
nAg (<1–35%) [80]. It is estimated that Ag can be released from products in the range of
25–100% in wastewater treatment plants [81]. In most cases, the NEPs release Ag in the
particulate or ionic form at varying degrees [47,80]. The form and extent of Ag release from
nAg are complex because speciation is influenced by various factors, such as particle size,
coating agents, and release media characteristics [82–86].

The dissolution of nAg from both NEPs may be due to the small-sized particles
incorporated in SAN1 (10–37 nm) and CA1 (13–44 nm) and the change in particle size of
product-released nAg (as observed by the detection of particles of different sizes) may
have contributed to the degree of dissolution observed in the exposures of SAN1 and CA1.
Nanoparticle size reduction was previously reported to result in increased dissolution due
to increased surface area [87,88].

3.2.3. Socks 1 (SK1)-Released ENMs

SK1 released 0.004–0.100 mg/L and 2.66–5.98 mg/L of total Ag and Ti, respectively
(Figure 7). The Ag and Ti concentrations released from SK1 were not normalised back to the
initial concentration incorporated into the NEPs because the Ag and Ti present in different
SK1 materials were inconsistent. Incorporation of ENMs of different properties by manu-
facturers has recently been reported [89]. As illustrated in Figure 7, the amounts quantified
in the different wash cycles varied between the release media and fractions. The amounts
quantified for particulate fractions in Milli-Q water were not different (p = 0.22–0.67). In the
case of tap water, the difference was only observed in the >0.45 μm fraction, where a higher
Ag concentration was determined in the second cycle. The amount released from sodium
dodecyl sulfate 1 and sodium dodecyl sulfate 2 also varied; relatively large amounts were
detected in the first cycle for >0.45 μm (p = 0.001–0.03) and <0.45 μm (0.06–0.21). For Ag+,
only sodium dodecyl sulfate 2 released higher amounts in the first cycle (p = 0.01). Released
Ag+ was detected in comparable amounts between cycles in Milli-Q water, tap water, and
sodium dodecyl sulfate 1 (p = 0.27–0.99). As shown in Figure 7, sodium dodecyl sulfate
1 release media mainly affected Ag forms, compared to tap water and especially Milli-Q
water.

In cases where Ag amounts varied in different fractions, more Ag was detected in
>0.45 μm, while <3 kDa was comparable or lower than <0.45 μm. Contrary to Ag and
Ag+, the amounts of Ti were comparable in the first and second wash cycles for all wash
media, except for sodium dodecyl sulfate 1, where the amounts of Ti were higher in the first
cycle. As shown in Figure 7, the amounts of Ti in the different fractions were comparable,
except for tap water, sodium dodecyl sulfate 1 and sodium dodecyl sulfate 2, where the
highest amounts were quantified in fractions> 0.45 m and fractions >0.45 μm and <0.45 μm
fractions, respectively. Overall, nAg release was more affected by the simulated washing
conditions than nTiO2 incorporated in SK1.

The environmental exposure of particulates and ions of Ag [33–35,44,90,91] and
Ti [71,92], respectively, released from commercial textile products enabled with nAg or
nTiO2 have been investigated, although, in some instances, there were differences between
studies. The differences were mainly caused by the assessment of different clothing mate-
rials, the type of ENMs nanocomposite, the initial amounts of ENMs added to the NEPs,
ENMs incorporation methods, ENMs location within the NEPs, and the chemistry of the
release media.

79



Nanomaterials 2021, 11, 2537

Figure 7. Total amounts of Ag (A) and Ti (B) released from SK1 in Milli-Q water (MQ), tap water
(TW), sodium dodecyl sulfate 1 (SDS1), and sodium dodecyl sulfate (SDS2) in two wash cycles. The
symbol (��) on top of error bars denote statistical difference (p < 0.05) between the released Ag and
Ti fractions per wash cycle.

Nonetheless, the current study correlated with some previous reports on the high
amount of Ag detected mainly in the first wash cycle [14,75,77,80] and the detection of
higher amounts of particulate Ag [44]. Thus, elevated ENMs release from fabric NEPs can
be expected from initial washes after purchase. Overall, the amounts released in the current
study were in agreement with the previous reporting of 0.32–38.5 mg/L for Ag [34,91,93]
and 5 mg/L for Ti [71]. Exposure assessments of commercial TiO2 nano-enabled textiles
compared to nAg-enabled textiles are currently scarce. The high market penetration of
nAg functional textiles and the primary function of nAg (antimicrobial properties) could
be the reason behind the difference in the number of studies undertaken.
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3.2.4. Release of ENMs Coating

ENMs coating agents in SUN1–3 (Figures S4 and S5), CA1 (Figure S13) and SK1
(Figure S8) were somewhat desorbed from the surface of ENMs, and the components of the
coating agent (Si and Al) were released into the respective media. The Si and Al coating
agents of the released ENMs were determined in <3 kDa filtrate to avoid coating agents
still attached to the product-released ENMs. Although TEM-EDX analysis showed that Si
and Al were coated on the surface of ENMs, the presence of these elements as part of the
other matrix of NEPs may exist; for all NEPs, manufacturers neither declared the element
nor the quantity. Because of uncertainties, for this exercise, the Si and Al are assumed to
originate from ENMs coatings and the overall NEPs matrix.

The findings on the extent to which ENMs coating agents were released were recorded
in Milli-Q water release media. The amount of Si released varied between the NEPs
(Table 2).

Table 2. The concentration of Si released from SUN1–3, CA1, and SK1.

Sample Name
Release Amount of Si% (w/w)

Light Condition Dark Condition

SUN1 10.1 ± 1.4 11.2 ± 2.5
SUN2 5.4 ± 0.9 5.7 ± 0.8
SUN3 3.7 ± 0.4 3.4 ± 0.4
CA1 23 ± 2 19 ± 6

Si was detected in the respective release media (SUN1–3 and CA1) in the descending
order of CA1 > SUN1 > SUN3 ≥ SUN2 under both illumination conditions. The SUN1
ENMs, which were coated with Si and Al, released Si in large amounts compared to Al;
Al amounts in the product-released ENMs media of SUN1 were below the detection limit
(LOD = 10 μg/L). Elemental concentrations were consistent with the EDX observations,
where Si desorbed and released into the product-released ENMs release media, while Al
was still partially attached to the product-released ENMs (Figure S4). Similarly, the low
amounts of Si detected in SUN2 and SUN3 corroborated the earlier findings of TEM-EDX
(Figure S5), where Si was observed to be still attached to product-released ENMs. In the case
of CA1, which released the highest amounts of Si, TEM-EDX analysis (Figure S13) showed
that most of the Si disassociated from product-released ENMs. For SK1, the amounts of Si
and Al were determined to be 10 and 4.76 mg/L, respectively, also confirming the release
observed with TEM-EDX (Figure S11).

Although ENMs incorporated into NEPs are well known to be enclosed with coating
agents [94] and have been shown to be altered during the aqueous ageing of nanocompos-
ites (used in cosmetics) and released into aquatic environments [52,95–97]; the amount of
the coating agent components released from NEPs is often not reported. Until recently,
nanocomposites intended for NEPs formulations, such as sunscreens, were evaluated [97];
1.5–2% (w/w) of Si was released into ultrapure water, while higher amounts of 88–98%
(w/w) were simulated freshwater and seawater. It is imperative that the amounts of re-
leased coating agents are quantified and considered when the risks of product-released
ENMs are evaluated, as it is currently unclear whether the components of the coating agent
influence the product-released ENMs to what extent, and therefore future studies should
evaluate their association.

4. Conclusions

The study successfully illustrated the nanopollution of water media during the
simulated use of NEPs by characterising product-released ENMs from a wide range
of products. The product-released nTiO2 were elongated (7–9 × 66–70 nm) or angu-
lar (21–80 × 25–79 nm) in shape; product-released nAg were near-spherical (12–49 nm) or
angular (21–76 × 29–77 nm) and product-released nZnO were angular (32–36 × 32–40 nm)
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in shape. The ENMs release rate was determined to be ca 0.4–95% relative to the initial
amount of ENMs added to NEPs. The extent and characteristics of product-released ENMs
were influenced by receiving water quality, ENMs loci in the product, and the formulation
of the product matrix, while illumination variation essentially did not exert influence. Pre-
dominantly, the product-released ENMs were released in association with coating agents
(Si and Al) and ionic forms. Considering the influential role the surface coating exerts
on the behaviour and toxicity of ENMs in water resources, we highly recommend the
reporting of the presence and characteristics of coating agents on product-released ENMs
since it is currently not standard practice.

SUN1, CA1 and SK1 released binary ENMs. Typically, there is currently limited
information on the environmental implications of ENMs mixtures, more so for product-
released ENMs; hence, we encourage more studies to unravel the exposure and hazard
dynamics of product-released ENMs mixtures.

Nanopollution is an emerging environmental health issue that is yet to be clearly
quantified. Nevertheless, proactive mitigation measures can reduce environmental expo-
sure, for instance, the reduction in ENMs quantity in NEPs (safety-by-design principle),
since this study demonstrated that the NEPs sample caused nanopollution. In low- and
middle-income countries, such as South Africa, where the current study was carried out,
there must be accelerated efforts to estimate the size of the NEPs market to refine the extent
of nanopollution, as developed regions have advanced in that aspect.

Supplementary Materials: The following are available online at https://www.mdpi.com/2079-499
1/11/10/2537/s1, S1.1 Properties of the release media of SUN1–3, Table S1. Average physicochemical
properties of release media before and after ENMs release, Figure S1. The EDX spectra of product-
released ENMs obtained under light conditions for SUN1 detected in milli-Q water (A), freshwater
(B), swimming pool water (C), seawater (D); SUN2 detected in milli-Q water (E), freshwater (F),
swimming pool water (G), seawater (H) and SUN3 detected in milli-Q water (I), freshwater (J),
swimming pool water (K), seawater (L), Figure S2. TEM images of product-released ENMs obtained
under dark conditions for SUN1 detected in milli-Q water (A), freshwater (B), swimming pool water
(C), seawater (D); SUN2 detected in milli-Q water (E), freshwater (F), swimming pool water (G),
seawater (H) and SUN3 detected in milli-Q water (I), freshwater (J), swimming pool water (K),
seawater (L), Figure S3. Corresponding EDX images of product-released ENMs obtained under dark
conditions for SUN1 detected in milli-Q water (A), freshwater (B), swimming pool water (C), seawater
(D); SUN2 detected in milli-Q water (E), freshwater (F), swimming pool water (G), seawater (H) and
SUN3 detected in milli-Q water (I), freshwater (J), swimming pool water (K), seawater (L), Figure S4.
EDX elemental mapping showing adsorption and desorption of ENMs coating agents (Si and Al)
on SUN1-released ENMs, Figure S5. EDX elemental mapping showing adsorption and desorption
of ENMs coating agents (Si) on SUN2 (A)- and SUN3 (B)-released ENMs, Figure S6A. Violin plot
showing particle distribution of SUN1(A)-, SUN2 (B)-, and SUN3 (C)-released ENMs obtained under
light conditions. The upper and lower quartiles are highlighted by a solid line, while the dotted line
indicates the median. The denser the violin shape, the higher the number of particle size in that
region, Figure S6B. Violin plot showing particle distribution of SUN1(A)-, SUN2 (B)-, and SUN3
(C)-released ENMs obtained under dark conditions. The upper and lower quartiles are highlighted
by a solid line, while the dotted line indicates the median. The denser the violin shape, the higher the
number of particle size in that region, Figure S7. Zeta potential of SUN1–3-released ENMs obtained
under dark conditions in different release media of milli-Q water (MQ), freshwater (FW), swimming
pool water (SPW), and seawater (SS), Figure S8. Violin plot showing particle distribution of CA1-
released ENMs (obtained under light and dark conditions) and SAN1-released ENMs. The upper and
lower quartiles are highlighted by a solid line, while the dotted line indicates the median. The denser
the violin shape, the higher the number of particle size in that region, Figure S9. TEM-EDX image
showing of CA1 product-released nAg and product-released nTiO2 obtained under dark conditions,
Figure S10. Violin plot showing particle distribution SK1-released ENMs. The upper and lower
quartiles are highlighted by a solid line, while the dotted line indicates the median. The denser the
violin shape, the higher the number of particle size in that region, Figure S11. Elemental mapping
of binary SK1-released ENMs identified as product-released nTiO2 (yellow) and product-released
nAg (red). The images further show evidence of SK1-released nTiO2 particles partially still coated
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with Si and Al, Figure S12. TEM images showing the thick layer introduced by washing SK1 with
sodium dodecyl sulfate release media, Figure S13. EDX elemental mapping illustrating Si desorbed
from CA1-released ENMs.
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Abstract: Graphene oxide (GO) is widely used in various fields and has raised concerns regarding its
potential environmental fate and effect. However, there are few studies on its influence on coexisting
pollutants. In this study, the phototransformation of GO and coexisting sulfamethazine (SMZ) under
UV irradiation was investigated, with a focus on the role of reactive oxygen species. The results
demonstrated that GO promoted the degradation of SMZ under UV irradiation. The higher the
concentration of GO, the higher the degradation rate of SMZ, and the faster the first-order reaction
rate. Two main radicals, ·OH and 1O2, both contributed greatly in terms of regulating the removal
of SMZ. Cl−, SO4

2−, and pH mainly promoted SMZ degradation by increasing the generation of
·OH, while humic acid inhibited SMZ degradation due to the reduction of ·OH. Moreover, after UV
illumination, the GO suspension changed from light yellow to dark brown with increasing absorbance
at a wavelength of 225 nm. Raman spectra revealed that the ID/IG ratio slightly decreased, indicating
that some of the functional groups on the surface of GO were removed under low-intensity UV
illumination. This study revealed that GO plays important roles in the photochemical transformation
of environmental pollutants, which is helpful for understanding the environmental behaviors and
risks of nanoparticles in aquatic environments.

Keywords: graphene oxide; sulfamethazine; phototransformation; free radicals

1. Introduction

As a kind of two-dimensional layered nanomaterial, graphene oxide (GO) possesses
good mechanical, electrical, and thermal properties, and is widely applied in various
fields, including biology, medicine, chemistry, and electronic engineering [1]. The global
production of GO is expected to reach 3800 metric tons in 2027 [2]. Due to the presence of
a large number of oxygen-containing functional groups, such as hydroxyl, carboxyl, and
epoxy groups, GO has excellent hydrophilicity and a high probability of being present in
natural aquatic environments, thus having uncertain environmental impacts and ecological
risks. It has been reported that GO and its derivatives exhibited cytotoxicity to bacteria,
biofilms, and algae [3,4]. Moreover, GO could cause developmental genotoxicity in aquatic
animals such as zebrafish at trace concentrations [5], and could even accumulate in humans
through the food chain [6]. Therefore, an increasing number of studies on the environmental
behaviors of GO have received attention.

Once released into the environment, GO can interact with other pollutants mainly
through π bonds, hydrophobic interactions, hydrogen bonds, and electrostatic interac-
tions [7–10], thus affecting the transport and fate of coexisting compounds. For example,
GO exhibited a high affinity for heavy-metal ions, which improved the transport ability
of Pb2+ and Cd2+ in saturated porous media [11]. GO also facilitated the transport of
antibiotics (levofloxacin, ciprofloxacin, and tetracycline) in saturated or unsaturated porous
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media because of the high sorption capacity of antibiotics by GO [12,13]. Furthermore,
highly hydrophilic and mobile GO could serve as a carrier and promote the transport
of nano-TiO2 in porous media [14]. In addition, the interaction between GO and other
pollutants would change their combined toxicity to organisms. GO enhanced Cd toxicity
on photosynthesis, biomass, and cell membrane lipids in wheat seedlings [15]. GO also
promoted lipotoxicity and hepatic function deficits caused by cis-bifenthrin exposure in
tadpoles [16]. Cao et al. revealed that environmentally relevant concentrations of GO
(1 mg/L) significantly increased the phytotoxicity of As (III) and As (V) in plants, which
resulted in more severe oxidative stress and a significant reduction in nutrient content [17].

However, it should be noted that GO may be subjected to the phototransformation
process in the environment because its special sp2 domains can effectively adsorb sunlight,
especially UV light [18–20]. GO was structurally degraded and chemically formed reduced
GO under UV or sunlight irradiation [21]. After phototransformation, the toxicity of GO to
bacteria (such as Gram-negative Escherichia coli and Gram-positive Staphylococcus aureus)
and algal cells (Chlorella pyrenoidosa) was enhanced [22,23]. Meanwhile, GO can be regarded
as a semiconductor with a zero energy gap to generate electrons, holes, and a series
of reactive oxygen species (ROS) [24,25], which can mediate the transformation of the
coexisting pollutants in the environment. For example, Cao et al. reported that silver
nanoparticles could be formed from aqueous Ag2+ in the presence of GO under light [26].
Cu2+ on the surface of GO sheets could also trap e− generated by GO and be reduced to
Cu(I) and then form Cu2O nanoparticles with the assistance of ROS, which suppressed
the joint toxicity of GO and Cu2+ to freshwater algae after phototransformation [22]. In
addition, GO could oxidize 42% of the adsorbed As (III) to As (V) under light irradiation,
which was induced by electron-hole pairs on the surface of GO. However, coexposure
to GO greatly enhanced the toxicity of As (III, V) to algae [27]. Therefore, it is of great
significance to explore the photochemical transformation of GO on coexisting contaminants,
especially when evaluating their environmental fate and possible toxicity and risks.

Antibiotics, as emerging contaminants, have gained increasing attention in recent
years due to their widespread application and large production amounts [28,29]. As a
result, antibiotics will inevitably find their way into the environment. Sulfamethazine
(SMZ), one of the most common broad-spectrum antibiotics, is widely used in aquaculture,
animal husbandry, hospitals, pharmaceutical factories, and other processes. Previous
studies revealed that SMZ was frequently detected in wastewater, surface water, and even
groundwater at concentrations ranging from ng L−1 to μg L−1 [30,31]. An increasing
number of studies have focused on the environmental behaviors of SMZ, including its
adsorption, migration, photooxidation, and so on [32–35].

Therefore, in this study, SMZ was selected as the model compound to reveal the effect
of phototransformation of GO on coexisting contaminants. We systematically investigated
the interaction between GO and SMZ under UV light, considering the influence of different
environmental factors, including pH values, ionic strength and species, and natural organic
matter (NOM). The phototransformation of GO together with the generation mechanisms of
ROS were further explored to reveal the possible cotransformation pathways of antibiotics
and GO.

2. Materials and Methods

2.1. Materials

GO was synthesized by an improved Hummers’ method [36]. SMZ (≥99%) was
purchased from Aladdin Biochemical Technology Co., Ltd. (Shanghai, China). The other
reagents used in this study were obtained from Sinopharm Chemical Reagent Co., Ltd.
(Shanghai, China). All aqueous samples were prepared with ultrawater.

2.2. Photochemistry Experiment

All experiments were conducted in a multichannel photocatalytic reaction system
(PCX50C, Beijing Perfect Light Science and Technology Co., Ltd., Beijing, China). The
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system was operated at an average light intensity of 10.0 mW cm−2 with 5 W LED white
lamps (365 nm). During the 6 h photochemical experiments, 50 mL of the reaction solutions
was magnetically stirred at 300 rpm in quartz tubes that were maintained at constant
temperature (22 ± 2 ◦C) with the circulating water bath of the reactor.

2.3. SMZ Degradation

One batch experiment was first conducted with a fixed amount of SMZ (5 μM) with
GO ranging from 10 mg/L to 50 mg/L. Dark control experiments were also conducted
under the same conditions. To investigate the effects of solution chemistry factors on the
photochemical transformation, another three sets of experiments were also performed
with 5 μM SMZ and 30 mg/L GO. The pH effect experiments were conducted with the
solution pH ranging from 3.0 to 9.0, which was adjusted with 0.1 M HCl or NaOH. Ionic
strength and species effect experiments were performed in the presence of 0–600 mM NaCl
or 0–30 mM Na2SO4. In addition, the photochemical transformation of SMZ was tested
in the presence of humic acid (HA) in the range of 0–10 mg/L. All the above experiments
were performed in triplicate. During the experiments, 3 mL of solution was sampled at
determined time intervals and filtered with 0.22 μm nylon membranes to remove GO. Then,
SMZ was analyzed at a determination wavelength of 270 nm by high-performance liquid
chromatography (HPLC, Shimadzu LC-20AT, Tokyo, Japan) with a UV detector using a
C18 column (25 cm × 4.6 mm, 5 μm). The mobile phase was acetonitrile/0.05 M acetic acid
(30:70, v:v) with a flow rate of 1 mL/min. The injection volume was 10 μL, and the column
temperature was maintained at 40 ◦C.

2.4. ROS Generation

It should be noted that O2·− was not detected with the XTT sodium salt (probe for
O2·−) in this study; therefore, we only focused on the production of ·OH and 1O2. Free
radical quenching experiments were first carried out with L-histidine and potassium iodide
(KI) as radical quenchers to identify the contribution of 1O2 and ·OH, respectively [37,38].
The inhibition rate of SMZ degradation was determined after introducing free radical
scavengers. In addition, 200 μM terephthalic acid (TPA) and 300 μM furfuryl alcohol
(FFA) were used as indicators to quantify the amount of ROS [39,40]. TPA reacted with
·OH and produced 2-hydroxyterephthalic acid (HTPA), which could be measured by a
fluorescence spectrophotometer (HITACHI, F-2500, Tokyo, Japan). The excitation and
emission wavelengths were 315 nm and 425 nm, respectively [23,40]. FFA was analyzed by
HPLC at 218 nm. The mobile phase was 30% acetonitrile and 70% phosphoric acid and run
at 1.0 mL/min.

2.5. GO Characterization

To investigate the phototransformation of GO, the changes in GO in the photoreac-
tion system were characterized by UV–vis spectrophotometry from 200 nm to 600 nm.
Additionally, the Raman spectra were measured at 1000 cm−1 to 2000 cm−1 with 532 nm
excitation with a Raman spectrometer (Renishaw inVia Reflex, New Mills, UK) before and
after UV illumination.

3. Results and Discussion

3.1. SMZ Degradation

The effects of different concentrations of GO on SMZ degradation were first studied.
GO did not adsorb SMZ much in the dark, and little degradation of SMZ occurred under UV
illumination without GO (Figure S1). However, the degradation of SMZ was accelerated
in the presence of GO. The degradation rates of SMZ were 33.32 ± 2.54%, 34.90 ± 2.69%,
and 37.44 ± 2.12% in the presence of 10 mg/L, 30 mg/L, and 50 mg/L GO, respectively
(Figure 1a). According to the first-order kinetic fitting of the reaction in the first two hours
(Figure S2), the observed reaction rate constants (kobs) were 0.0732 h−1, 0.0964 h−1, and
0.1129 h−1 (Figure 1b).
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Figure 1. Effects of GO on SMZ degradation under UV light (a) and kobs (b).

3.2. ROS Generation

Generally, nanoparticles can generate ROS under UV light irradiation, which can
participate in the degradation of chemicals. ROS generation by GO is similar to that of
semiconductors. A large number of oxygen-containing functional groups attached to the
GO surface play an important role in electron transfer and promote ROS generation [21].
To further explore the mechanism of GO on SMZ transformation, free radical scavengers,
including L-histidine and KI, were added to the reaction solution to identify the role of
1O2 and ·OH. As shown in Figure 2a,b, 5 mM/10 mM L-histidine significantly inhibited
SMZ degradation, reducing its degradation rate from 32.52 ± 4.34% to 6.57 ± 3.24% and
4.18 ± 1.63%, with kobs decreasing from 0.1004 h−1 to 0.0080 h−1 and 0.0265 h−1 (Figure S3),
respectively. Similar results were also observed in the presence of KI, where the decompo-
sition of SMZ reduced to 26.36% for 10 mM KI and 18.59% for 50 mM KI. Compared with
the initial kobs of 0.1004 h−1, kobs decreased to only 0.0753 h−1 and 0.0457 h−1 (Figure S3),
respectively. Thus, the above results showed that both 1O2 and ·OH participated in
SMZ degradation.

ROS quantification was performed during the photochemical experiments. Figure 2c,d
shows that the free radical production of GO was proportional to the illumination time;
75.70 μM 1O2 and 0.35 μM ·OH could be produced after 6 h of illumination in the pres-
ence of 30 mg/L GO. Based on the above experimental results, possible ROS generation
pathways were further proposed, as shown in the following reaction formulas [23,41,42]:

GO + hv → GO∗ (e−CB − h+
VB

)
, (1)

GO∗ + O2 → O2
1 + GO, (2)

e−CB + O2 → O2·−, (3)

h+
VB + H2O → ·OH + H+, (4)

h+
VB + OH− → ·OH, (5)

O2·− + h+
VB → O2

1, (6)

O2·− + e−VB + 2H+ → H2O2, (7)

H2O2 + e−CB → ·OH + OH−, (8)

3.3. Effects of Different Conditions on SMZ Degradation
3.3.1. Effect of pH

The pH value of the solution has a great influence on the photolysis of SMZ (Figure 3).
The degradation rates were 26.02 ± 3.05%, 41.06 ± 4.23%, 49.33 ± 5.11%, and 51.14 ± 5.63%
as the pH increased from 3.0 to 9.0, and kobs were 0.0641 h−1, 0.0814 h−1, 0.1214 h−1,

92



Nanomaterials 2021, 11, 2134

and 0.1193 h−1 (Figure S4), respectively. The relative high degradation of SMZ at higher
pH conditions was probably due to the following two reasons: firstly, SMZ (pKa1 = 2.6,
pKa2 = 8.0) can be degraded more easily in its ionic forms compared with the neutral
form [43]. Secondly, similar to semiconductors [44], GO produces holes after UV illumi-
nation, which can further react with OH− to produce ·OH [45,46]. The generation of ·OH
increased with increasing pH, resulting in the promotion of SMZ conversion. In addition,
the dispersion of GO was higher at higher pH because of the deprotonation of oxygen-
containing functional groups on the GO surface [47], which might result in an increase in
the steady-state concentration of ROS. Therefore, SMZ degradation by GO was higher at
high pH than at low pH.

C
C

 

k

 μ

 
μ

Figure 2. Degradation kinetics of SMZ (a) and kobs (b) with free radical scavengers: L-histidine and KI; generation kinetics
of ·OH (c) and 1O2 (d).

3.3.2. Effect of Coexisting Anions

The effects of ionic strength and species on SMZ degradation are presented in Figure 4.
NaCl improved the degradation of SMZ, with the degradation rate rising from 35.36 ± 1.69%
to 43.83 ± 2.21%, 45.18 ± 2.88%, and 47.9 ± 2.79% in the presence of NaCl from 100 mM to
600 mM, respectively. Similarly, when 10 mM, 20 mM, and 30 mM Na2SO4 were added to
the solution, the SMZ decomposition rate increased to 37.92 ± 2.38%, 41.94 ± 2.57%, and
46.52± 2.78%, respectively.
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Figure 3. Effect of pH on SMZ degradation kinetics (a) and kobs of SMZ degradation (b).
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Figure 4. Effect of Cl− (a) and SO4
2− (b) on SMZ degradation kinetics.

To further explore the effect of Cl− and SO4
2− on the photolysis of SMZ, quantitative

analysis of 1O2 and ·OH was carried out (Figure 5). It was evident that Cl− showed
a negative influence on the production of 1O2, whose level was reduced to 21.63 μM
with increasing Cl− concentration, compared with that of the control 75.70 μM. However,
the presence of Cl− accelerated the generation of ·OH, especially 100 mM NaCl, which
increased the amount of ·OH by 1.6 times compared with the control. This could be
explained by the fact that Cl− generated hydrated electrons under UV irradiation, which
were then transferred to nanomaterials to generate more ROS (Equation (9)) [48]. It should
be noted that excessive Cl− would agglomerate GO under high ionic strength [48,49],
which would reduce the surface area of GO and the concentration of ROS. Thus, the
steady-state concentration of ·OH first increased and then decreased with increasing NaCl
concentration. The presence of Cl− promoted the decomposition of SMZ, which was in
accordance with the role of ·OH. Therefore, ·OH was expected to be the main ROS species
that regulated SMZ degradation.

Cl− + hv → Cl + eaq
−, (9)

Similar to Cl−, the presence of SO4
2− also inhibited the generation of 1O2 but prompted

the production of ·OH. The concentration of 1O2 decreased from 75.70 μM to 30.28 μM
with increasing SO4

2− from 0 to 30 mM, but the ·OH concentration gradually increased
from 0.35 μM to 0.51 μM. Therefore, the introduction of SO4

2− into the solution pro-
moted SMZ degradation by increasing the steady-state concentration of ·OH. On the other
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hand, SO4
2− existing on the GO surface would form reactive sulfate radicals by holes

(Equation (10)) [46], which may also accelerate the transformation of SMZ [50].

SO2−
4 + h+ → SO.−

4 , (10)

 
μ

μ

Figure 5. Effects of Cl− and SO4
2− on 1O2 production (a,c) and ·OH production (b,d).

3.3.3. Effect of NOM

As the representative NOM, HA is a macromolecular polymer containing carboxyl,
phenolic, and keto groups, which is widely distributed in natural waters. Previous studies
showed that NOM might play different roles in the transformation of organic pollutants.
For example, Chen et al. reported that HA could consume a large amount of ·OH under UV
light [51], which decreased the degradation of diethyl phthalate. However, Niu et al. pro-
posed that NOM could be transformed into excited-state substances or free radicals under
UV irradiation, which enhanced the degradation of norfloxacin [38]. In the present study,
as shown in Figure 6, the degradation of SMZ significantly decreased from 41.06 ± 2.34%,
to 29.80 ± 2.64%, 24.72 ± 2.56%, and 23.95 ± 2.59% in the presence of 1 mg/L, 5 mg/L
and 10 mg/L HA, respectively. HA had an inhibitory effect on the degradation of SMZ. As
HA might react with ·OH, we only measured the production of 1O2 in the presence of HA.
As shown in Figure 6b, compared with the control, HA slightly influenced the generation
of 1O2, indicating that 1O2 contributed little to SMZ degradation. Therefore, it could be
speculated that HA mainly quenched ·OH to decrease the decomposition of SMZ.

3.4. GO Transformation

Under UV illumination, the color of the GO suspension changed from light yellow to
dark brown (Figure S5), indicating that some oxygen-containing functional groups attached
to the GO surface might be removed [19]. The variation of the solution absorbance with
time was further determined by UV–vis spectrophotometry (Figure S6). The peak at 225 nm
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was attributed to the π -π* transition of unsaturated C-C bonds of GO. After 6 h of UV
irradiation, the absorbance at 225 nm increased, indicating that the sp3 structure of GO
was reduced and the sp2 structure had been recovered [21]. It should be noted that our
previous study demonstrated that UV light intensity greatly affected the absorbance of GO,
and the absorption peak at 225 nm could be redshifted to 255 nm at a high light intensity
of 54 mW cm−2 in 4 h [23]. In the present study, the light intensity was only 10 mW cm−2;
thus, the absorption peak did not shift significantly. Raman spectra were further used to
analyze the GO samples before and after UV illumination. The D band at approximately
1350 cm−1 and the G band at approximately 1580 cm−1 are the two characteristic peaks of
GO. Peak D represents the vibration of sp3 carbon atoms, and peak G is the characteristic
peak of carbon sp2. The ratio of ID/IG is usually used as a qualitative measurement of the
disorder degree caused by nonaromatic sp3 carbon defects. After 6 h of illumination, ID/IG
decreased only from 0.8481 to 0.8438 (Figure S7), indicating that the graphitization structure
of GO was somewhat improved and that the sp2 region was expanded. However, the
insignificant decrease in ID/IG suggested that the UV light intensity was not high enough
in the current study, which was in accordance with the changes in UV–vis absorbance.

C
C

 

 

Figure 6. Effects of HA on SMZ degradation kinetics (a) and 1O2 production (b).

Based on the above results, we proposed the possible cotransformation pathways of
GO and SMZ (Figure 7). Similar to semiconductors, GO generated electrons and holes
under illumination. Electrons could be captured by O2 to generate O2·−, which was
further converted into 1O2 and ·OH. Meanwhile, GO could form excited-state GO* under
illumination, and then O2 accepted excess energy and generated 1O2. Therefore, ROS
generated in the above ways promoted SMZ degradation. At the same time, GO could
capture electrons to reduce its surface oxygen-containing functional groups.

Figure 7. Proposed pathways for ROS generation and transformation of GO and SMZ under UV light.
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4. Conclusions

In this study, the photochemical behaviors of GO and the degradation of SMZ were
quantitatively analyzed. GO could promote the degradation of SMZ under UV light. ·OH
and 1O2 were the main free radicals participating in the cotransformation between GO
and SMZ. High pH, Cl−, and SO4

2− improved the degradation of SMZ by affecting
the formation of ·OH. However, the presence of HA consumed ·OH, leading to less
degradation of SMZ. As for GO, its color changed from light yellow to dark brown under
UV illumination. However, the absorption peak did not shift significantly, and the ratio
of ID/IG was slightly smaller, which indicated that GO was somewhat reduced. The
findings of this work may have significant implications for predicting the fate and assessing
the potential risks of environmental pollutants and nanoparticles. However, to better
understand the environmental behaviors of nanoparticles, long-term experiments under
natural solar radiation are still needed.

Supplementary Materials: The following are available online at https://www.mdpi.com/2079-499
1/11/8/2134/s1, Figure S1: Figure S1. Photolysis kinetics of SMZ (5 μM) under UV light without
GO (a) and the adsorption of SMZ (5 μM) by GO (10 and 100 mg/L) in the dark within 6 h (b), Figure
S2: Pseudo first-order fitting results for SMZ degradation kinetics under various GO concentrations
(10-50 mg/L), Figure S3: Pseudo first-order kinetics fitting for kinetics of SMZ degradation with
L-histidine and KI, Figure S4: Pseudo first-order kinetics fitting for kinetics of SMZ degradation at
pH 3.0-9.0, Figure S5: Changes in the color of GO under UV light as a function of irradiation time,
Figure S6: Variation of GO absorbance with time under light, Figure S7: Raman spectra of GO before
and after UV illumination.
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Abstract: The lacking of laboratory black carbon (BC) samples have long challenged the correspond-
ing toxicological research; furthermore, the toxicity tests of engineered carbon nanoparticles were
unable to reflect atmospheric BC. As a simplified approach, we have synthesized artificial BC (aBC)
for the purpose of representing atmospheric BC. Surface chemical properties of aBC were controlled
by thermal treatment, without transforming its physical characteristics; thus, we were able to examine
the toxicological effects on A549 human lung cells arising from aBC with varying oxidation surface
properties. X-ray photoelectron spectroscopy, as well as Raman and Fourier transform infrared
spectroscopy, verified the presence of increased amounts of oxygenated functional groups on the
surface of thermally-treated aBC, indicating aBC oxidization at elevated temperatures; aBC with
increased oxygen functional group content displayed increased toxicity to A549 cells, specifically by
decreasing cell viability to 45% and elevating reactive oxygen species levels up to 294% for samples
treated at 800 ◦C.

Keywords: artificial black carbon (aBC); thermal treatment; cytotoxicity; reactive oxygen species
(ROS)

1. Introduction

Black carbon (BC) is an undesired byproduct from the incomplete combustion of fossil
fuels and biomass [1–5]. BC, commonly referring to soot and found in fine particulate
matter (PM2.5), is the main component of atmospheric carbonaceous aerosols [1–3]. As
an efficient light-absorbing carbonaceous material, BC has been mainly implicated as a
short-lived climate forcer [4–6]. Besides its impact on climate change and the ecosystem,
BC has also been associated with pulmonary, cardiovascular, and premature death [3,6,7].

BC is characterized as having fractal agglomerates, being insoluble in water or com-
mon organic solvents, and being refractory and potential toxic [2,8]. The factor of human
health was less concerned with than climate change, however, a number of studies focus
on health impact assessments, which have usually been conducted by estimating the re-
lated adverse health outcomes of the population based on the concentration of BC [3,9].
Due to the lack of laboratory BC samples and the inability to separate BC from atmo-
spheric particulate matter, to date, no specific toxicity experiment induced by BC has been
conducted [10].

On the other hand, engineered carbon nanoparticles with corresponding toxicity
were widely carried out [11,12]. Carbon nanoparticles have been shown to induce inflam-
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mation, enhance oxidative stress, and transform cell signaling and gene expression in
mammalian cells and organs, and toxic effects arising from their well-defined physical
features have been described in numerous studies [13–16]. Cheng et al. tested ultrafine
carbon nanopowder and pointed that carbon particles disrupted the keratinocyte differ-
entiation and upregulated inflammation; carbon powder was claimed to mimic ambient
ultrafine particles, however, the commercial carbon powder properties are far different
from real-world atmospheric particles [17]. Engineered carbon black and BC share some
similar features (black appearance, aggregate morphology, and elemental component) and
even some common biological responses; therefore, some of the toxicology results have
misunderstood carbon black interchangeably with BC [10,18]. Hong et al. [18], based on
elemental analysis, claimed that engineered carbon black with a high, pure percentage of
elemental carbon is different from BC, therefore, an experiment with BC that is regarded to
have intensive toxicity is needed.

The diesel soot particulate matter is produced by the National Institute of Standards
and Technology (NIST), which can mimic real-world diesel soot, however, the existence
of polycyclic aromatic hydrocarbon (PAH) with other chemical compositions renders the
identification of specific parameters responsible for inducing toxicity and the mechanisms
by which they cause harm to the human body highly challenging [19]. Moreover, soot
samples were also collected from several sources with a complicated mixture in which
BC was barely separated [20–22]. With a mixture of inorganic compounds, trace metals,
and PAH, it is challenging to determine the key factors of soot that play the main roles
in inducing toxicity. Therefore, artificial BC (aBC) is essential for a toxicity test satisfying
three principal requirements: (1) representing elementary atmospheric BC; (2) maintaining
origin physical properties; and (3) having a surface that is chemically controllable.

Herein, we have synthesized aBC using an aerosol generator. We defined aBC in this
study as the ultrafine particles generated from one origin source, graphite, to simplify
the test of relation between toxicity and the chemical surface of aBC; aBC must possess
a controllable chemical surface and common physical properties. Thermal treatment
is a straightforward method for manipulating the chemical properties of aBC surfaces,
especially to control oxygen functional group content while maintaining its physical charac-
teristics. Because a dominant cytotoxicity mechanism of ultrafine particles is a cell–particle
interaction accompanied by the overproduction of ROS [23–25], ROS generation and related
cytotoxicity were the focus of this study. We demonstrated that an increase in oxygenated
functional groups on the surface of BC triggered increased cytotoxicity and ROS levels in
the human lung cancer cell line (A549).

2. Materials and Methods

2.1. Particle Generation and Thermal Treatment

Graphite was selected to produce aBC generated from a spark discharge soot generator
(DNP Digital 3000, Palas GmbH, Karlsruhe, Germany). It operates on the principle of spark
discharge to produce nanoscale particles of consistent concentration in high yields and
negligible volatile content. The generator maintains a jump spark between two graphite
electrodes at a high voltage of 2500 V. Graphite is vaporized by this spark, and then
condenses to form particles with a size distribution and structure similar to those of diesel
soot. The generator was operated under a constant flow of carrier inert Ar gas and purified
dilution air at flow rates of 5 and 10 LPM, respectively (gas streams were controlled with a
series of mass flow controllers).

The generated particles were produced in a tubular furnace at different ranges of
temperatures. The first experiment was performed with the furnace temperature increasing
continuously from room temperature (RT) to 800 ◦C to investigate particle properties as a
function of the treatment temperature. Five treatment temperatures (RT, 200 ◦C, 400 ◦C,
600 ◦C and 800 ◦C) were applied separately in the second experiment to evaluate the effects
of temperature on the physicochemical properties of aBC. A schematic of the experimental
setup, including the sampling and measuring devices, is presented in Figure 1.
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Figure 1. Schematic of the experimental setup.

2.2. Physicochemical Characterization

An electrical low-pressure impactor (ELPI+TM, DEKATI, Finland) was employed to
measure the concentration of generated particles in the range of 6 nm to 10 μm with a
time resolution of 1 s. Furthermore, we estimated the surface area concentration of the
deposited particles in the human respiratory tract based on ELPI+ stage-specific conversion
factors. Teemu et al. estimated the ELPI+ response coefficient (β) by using an equivalent
unit density (1 g/cm3) for spherical particles, with a possible error in the mean diameter
arising at each stage of each instrument 2% [26]. From the measured electrical current (I)
carried by the aBC, the deposited area concentration of aBC (Adep) was estimated for three
regions, head airways, tracheobronchial, and alveolar, according to the following equation:

Adep = β × I

The deposited area distribution of aBC was estimated to select suitable cell lines for
cytotoxicity testing.

In the second experiment, samples were collected on pre-fired quartz fiber filters
(six hours, 600 ◦C) with a diameter of 25 mm (FTQ25, Zefon, Ocala, FL, USA) and Teflon
filters (R2PJ047, Pall Corporation, Port Washington, NY, USA) with a diameter of 47 mm
using filter holders at five different temperatures (RT, 200 ◦C, 400 ◦C, 600 ◦C and 800 ◦C);
these samples were utilized for chemical analysis and the in vitro test.

High-resolution transmission electron microscopy (HR-TEM; JEM-2100, JEOL,
Akishima, Japan) was employed to observe the size and morphology of the aBC at an
accelerating voltage of 200 kV. The aBC was collected on holey carbon TEM grids using
a mini particle sampler (MPS, Ineris, Ecomesure, Saclay, France). For SEM analysis, aBC
was dispersed on a heated (100 ◦C) silicon wafer by depositing a drop of particle suspen-
sion, created by sonicating aBC collected on a quartz filter in DI water. These samples
were coated with a thin film of Pt and then observed by field emission-scanning electron
microscopy (FE-SEM; S-4300, Hitachi, Tokyo, Japan).

The surface chemical compositions of the aBC samples were analyzed by X-ray pho-
toelectron spectroscopy (XPS; Thermo Fisher Scientific Co., Walthem, MA, USA). Addi-
tionally, Raman spectra were acquired using an Xplora spectrometer (Horiba Jobin-Yvon,
Palaiseau, France) equipped with a 532 nm solid state laser source. Fourier transform
infrared vacuum spectroscopy (FTIR; Bruker VERTEX 80V, Coventry, UK) was employed
to investigate structural changes occurring during the heating process.
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2.3. Endocytosis, Cytotoxicity Assay, and Evaluation of Reactive Oxygen Species (ROS)
2.3.1. Cell Culture

A549 cells were purchased from the American Type Culture Collection (ATCC, Manassas,
VA, USA). The cells were cultured in Roswell Park Memorial Institute (RABCI) 1640
(Gibco, Grand Island, NY, USA) containing 5% fetal bovine serum (FBS; Gibco) and 1%
streptomycin and penicillin at 37 ◦C in an atmosphere containing 5% CO2.

2.3.2. Cytotoxicity

For cytotoxicity experiments, A549 cells were seeded in 96-well plates at a density
of 1 × 104 cells per well and left to attach overnight. The cells were then treated with
various concentrations (50–2000 μg mL−1) of aBC in the complete medium for 48 h. This
was followed by the addition of 3-(4,5-dimethylthiazol-2-thiazyl)-2,5-diphenyl-tetrazolium
bromide (MTT; Sigma Aldrich, St. Louis, MO, USA) solution to the final concentration of
1.0 mg mL−1. After 3 h of incubation, the medium was removed, the formed blue formazan
crystals were dissolved in 100 μL of dimethyl sulfoxide (Junsei Chemical Co., Tokyo, Japan)
per well DMSO, and the absorbance at 570 nm (690 nm background control) was measured
using a microplate reader (Biotek, Winooski, VT, USA). Low toxicity of aBC was observed
in most treatments, with 75% of cells remaining viable after treatment with the highest
dose (2.0 mg mL−1) of aBC for 48 h. Therefore, these treatment conditions were used for
all subsequent experiments.

2.3.3. Endocytosis of aBC in A549 Cells

The aBC-exposed cells were harvested using 0.25% trypsin-EDTA (Gibco, Thermo
Fisher Scientific, Walthem, MA, USA) from culture plates and cyto-centrifuged (800 raBC;
10 min) onto glass microscope slides using Cytospin 4 (Thermo Fisher Scientific, Walthem,
MA, USA). Cell smears were fixed in methanol for 1 min and stained using Diff-Quik
solution (Dade Diagnostics, Aguada, Puerto Rico). Stained cells were analyzed under a
light microscope (Leica, Wetzlar, Germany).

2.3.4. Measurement of Reactive Oxygen Species (ROS) Levels

A549 cells were incubated for 30 min at 37 ◦C in RABCI 1640 medium containing
3.3 μmol L−1 of 2,7-dichloro-fluorescein diacetate (DCF-DA) (Thermo Fisher Scientific,
Walthem, MA, USA) for ROS detection. The cells were treated with aBC (2.0 mg mL−1

for 48 h), then washed with Dulbecco’s phosphate-buffered saline (DPBS; Welgene Inc.,
Daegu, Korea). The DCF-DA intensity in the cells was immediately measured at 495 nm
(excitation)/529 nm (emission) using a microplate reader. ROS production in the cells
is represented as a percentage of DCF-DA intensity relative to cell viability in each well,
which was defined as 100%.

3. Results

3.1. Emission Characteristics of Synthesized aBC

Figure 2 indicates that the generated particles experienced a change in the number
concentration during thermal treatment. The left vertical axis represents the aerodynamic
diameter of aBC, and the contour map reflects a reduction in the particle number concen-
tration going from red to blue. This result demonstrated that the total particle number
concentration was at a maximum of 1.6 × 108 cm−3, decreasing with higher treatment
temperatures and eventually reaching 2.2 × 107 cm−3 when the furnace temperature was
800 ◦C. The size distribution is also provided here, with the majority of the produced parti-
cles exhibiting aerodynamic diameters smaller than 100 nm. The aerodynamic diameter
has been reported as the dictation of particle penetration into the lung, therefore, with
those nano-scaled sizes, aBC has a higher chance to travel deep into the human lung, even
meeting the bloodstream, cells, and tissues [27,28]. All size distributions were found to
be unimodal, with a typical size of approximately 30 nm in aerodynamic diameter. The
dominant size of the particles increased marginally at approximately 400 ◦C and 800 ◦C.
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The slight increase in particle size and decrease in the number concentration at higher
temperatures were likely caused by thermal coagulation. Higher temperatures enhance
attractive forces and Brownian motion, resulting in an increased frequency of collisions [29].
At every collision, there is one less particle, and no new growth or nucleation occurs during
aggregation, leading to a small increase in size, and the thermal degradation of particles
chiefly decreases the number concentration [30].

Figure 2. Size and time-resolved particle number concentration during heating from room temperature (RT) to 800 ◦C. The
red line represents the furnace temperature.

3.2. TEM and SEM Image Analysis

TEM and SEM images of the particle samples were collected for the five treatment
temperatures, as shown in Figure 3. SEM images indicated particle super-aggregation, with
a tendency for extremely small particles to assemble into bigger particles. The majority of
the aBC was approximately 27.7 ± 3.8 nm in diameter, with a near-spherical morphology
(Figure 3a). In Figure 3b, the TEM results provide detailed images of the particles. Particles
aggregated into branching structures and presented typical diesel soot morphologies,
with nearly spherical and irregular carbonaceous particles. The primary particle size
distribution is presented in Figure 3c, with a dominant size of approximately 30 nm, which
is comparable to the real-time size distribution data shown in Figure 2. The general size
and shape of the synthesized aBC revealed a uniform, near-spherical shape with a narrow
size distribution. TEM and SEM images indicated that varying the treatment temperature
did not result in significant differences in particle morphology.

3.3. Chemical Surface Properties

The XPS element and atomic concentration survey (Figure 4a) showed that the pres-
ence of Si2p is the highest from the blank sample due to utilization of a quartz filter. The
concentration fraction of O1s slightly went up in 600 ◦C samples, and significantly increased
in the 800 ◦C sample compared to others, indicating that the oxygen increased. The XPS
carbon (C1s) spectra of the five samples are depicted in Figure 4b, and are de-convoluted
into four peaks. The C–C bond, or graphitic carbon, was dominant, represented by the
green peak at approximately 284.2 eV [31–33]. Other peaks at higher binding energies were
related to carbon-oxygenated functional groups, including: C–O at 285.6 eV (red peak),
–C–OH at 286.8 eV (pink peak), and –C=O at 288.7 eV (blue peak) [30–32]. The component
fractions were assessed as functions of furnace temperature in Figure 4c. The C–C content
decreased from 66% to 59%, while C–O increased from 16.4% to 19%, and C=O increased
from 5.5% to 9.5% with increasing treatment temperature from RT to 800 ◦C. This change
indicated that the percentage of oxygen functional groups had increased, resulting from
higher amounts of oxygen present on the sample surfaces at higher temperatures. We
assumed that the oxidation of graphitic carbon occurred above 600 ◦C.
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Figure 3. (a) SEM and (b) TEM images of aBC generated at various treatment temperatures, and
(c) average particle size distribution for synthesized aBC.

Figure 4. (a) Element and atomic concentration survey; (b) the C1s bond fraction indicates the
variation in C–C, C–O, C–OH, and C=O content with increasing treatment; and (c) XPS spectra of
synthesized aBC samples treated at five different temperatures.
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To verify the oxidation of aBC, vibrational characterization was performed by Raman
and FTIR analysis. Two typical overlapping peaks are visible in the Raman spectra dis-
played in Figure 5a, namely a D peak at 1340 cm−1 and a G peak at 1600 cm−1 [34–37].
The D band represents in-plane breathing vibrations of the aromatic ring structures (A1g

symmetry), and the G band is the in-plane stretching vibration of sp2 carbons (E2g symme-
try) [38,39]. The intensity ratios between the D and G bands (I(D)/I(G)) were 0.80, 0.82, 0.82,
0.84, and 0.96 at RT, 200 ◦C, 400 ◦C, 600 ◦C, and 800 ◦C, respectively. The increase in the
I(D)/I(G) ratio at 800 ◦C was ascribed to an increase in the in-plane breathing vibrations of
the aromatic ring resulting from the appearance of a functionalized group on the aromatic
ring. This result provides conclusive evidence of aBC oxidation by thermal processing,
especially at 800 ◦C.

Figure 5. (a) Raman and (b) FTIR spectra obtained for five aBC samples generated at specific treatment temperatures.

Figure 5b shows the FTIR spectra of the five analyzed samples. No significant changes
were observed among the spectra of the three samples treated in the range of RT to 400 ◦C.
These spectra presented a sharp peak at approximately 1635 cm−1, assigned to aromatic
C=C. Three vibrations located at 2852, 2922, and 2962 cm−1 were assigned to asymmetric
and symmetric C-H stretching of CH3 and CH2 aliphatic groups [40,41]. At 600 ◦C, the
spectrum included an additional carbonyl C=O stretching (1720 cm−1) shoulder, becoming
a notable peak at 800 ◦C and indicating the presence of oxygen functionalities [41,42].

3.4. In Vitro Toxicity of aBC

Exposure to aBC results in harmful effects on human health, causing pulmonary and
cardiovascular diseases [43,44]. The aBC is internalized by various immune and structural
cell types, such as macrophages, lymphocytes, skin keratinocytes, and epithelial cells [45–47].
We deduced that aBC would be predominantly deposited in the alveolar region of the
human lung by analyzing the electrical current carried by aBC (Figure 6). The estimation
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of the lung deposited surface area distribution based on the current charge carried by aBC
implied that a higher fraction (50%) of aBC is possibly deposited in the alveolar region than
on other regions of the human respiratory system. Alveolar macrophages and alveolar
epithelial cells are highly likely to be the primary and secondary targets for aBC if inhaled
by humans.

Figure 6. Deposited surface area distributions of aBC in three regions of the human respiratory tract, as predicted based on
the electrical current recorded by ELPI+.

Herein, we selected the A549 human lung alveolar basal epithelial cell line for in vitro
testing. To verify whether aBC directly affects epithelial cells, we confirmed endocytosis of
aBC in A549 cells. Diff-Quik staining indicated the appearance of aBC in the cytoplasm
and in the region near the nucleus (Figure 7), indicating the appearance of aBC in the
cytomorphologic evaluation; however, to confirm the cellular uptake of aBC, further
investigation is needed. The particle size is known to have significant effects on the
interactions between nanoparticles and the cellular environment [13]. Here, nano-sized
aBC has a greater opportunity for cellular uptake via endocytosis by membrane wrapping
due to its effective binding to membrane receptors. When aBC interacts and penetrates
through the membrane, the defense mechanism is activated, and cell damage occurs [48,49].
In addition, to determine the cytotoxicity of aBC, we evaluated cell viability using the MTT
assay. Cytotoxic effects of the particles were clearly observed in epithelial cells 48 h after
stimulation with aBC. The results revealed that aBC exhibited considerable cytotoxicity to
A549 cells at a concentration of 2 mg/mL, reducing the survival rate of A549 cells to 75%,
68.2%, 68.5%, and 65% when synthesized at RT, 200 ◦C, 400 ◦C, and 600 ◦C, respectively.
In particular, the 800 ◦C sample induced the strongest cytotoxic effect (cell viability was
reduced up to 45%) compared to the naïve control (Figure 8a). Hence, aBC had adverse
effects on the survival of A549 cells; aBC directly contacts the cell membrane, inducing
membrane stress by disrupting and damaging it, resulting in cell death. Even exposed to a
high dose of aBC, the decreased cell viability was still low compared to other literature due
to the aggregation of aBC in the cell medium [11,50].
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Figure 7. Diff-Quik staining images of (a) the naïve control (NC) and (b–f) A549 cells stimulated by aBC synthesized at five
treatment temperatures. Arrows indicate the internalization of aBC in the A549 cell.

Figure 8. (a) Cell viability and (b) ROS production in the naïve control (NC) and synthesized aBC-stimulated A549 cells.
Data are presented as the mean ± SD (n = 8). *** p < 0.01 and **** p < 0.001 compared to the NC.

Exposure to aBC induces cell damage via oxidative stress mediated by ROS [47,51].
Excess ROS levels trigger oxidative stress that disrupts cellular homeostasis and affects the
oxidation of biomolecules, including DNA, lipids, and proteins [44,52]. ROS production
caused by aBC in A549 cells was evaluated by measuring the fluorescence intensity of
DCF-CytDA. The aBC generated at higher temperatures induced significant changes in
ROS levels in A549 cells compared to the naïve controls (Figure 8b). As observed for
cytotoxicity, the greatest oxidative stress was demonstrated in the 800 ◦C aBC samples
for particle-stimulated A549 cells. These results indicated that synthesized aBC directly
induced ROS-mediated human alveolar basal epithelial cell damage. The production
of high levels of ROS causes significant damage to DNA, thereby affecting cell survival.
The correlation of biomass burning aerosol chemical composition with ROS production
was used for investigation, however, due to the complex effect of chemical compositions,
soot-induced bio-toxicity with ROS production was barely interpreted. It is claimed that
no significant correlation can be figured out in the ROS response with measured chemical
compositions, and the aging process of biomass burning samples even drove the toxicity
test to be more complicated [53]. Therefore, to minimize the factors on real-world soot,
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with the important roles played in the bio-toxicity results, we highlighted the ROS response
with the change of the chemical surface on controlled aBC.

The physical characterization illustrated a uniform size and shape of aBC synthesized
under varying treatment temperatures. On the other hand, Raman and FTIR analysis
supported by XPS data led to the conclusion that a greater number of oxygenated functional
groups were present on the surface of aBC treated at elevated temperatures. Cell viability
and ROS level results indicated that cytotoxicity increased with increasing oxygenated
functional group content on the surface of aBC. This agrees with the findings of Das et al.,
who investigated the correlation between cellular toxicity and oxygenated functional group
density on graphene oxide (GO) [48]. They proved that the presence of organic functional
groups on the surface of GO affected its interaction with mammalian cells at the “nano–bio”
interface, and that an increase in oxygen functional groups rendered GO less biologically
inert and resulted in elevated cytotoxicity. We can therefore infer from the present results
that an increase in oxygen functional groups on the surface of aBC activates the “nano–bio”
interface, thereby facilitating cell membrane disruption by aBC and resulting in higher
cytotoxicity. Furthermore, oxidized flame soot increases ROS levels, as reported by A.
Holder. This suggests that the increased cytotoxicity of oxidized soot is due to its ability
to generate oxidants [50]. Consequently, studies centered on the evaluation of surface
chemical properties associated with cytotoxicity suggest that oxygenated functional groups
present on the surface of aBC and aBC oxidation are directly related to cell death and
oxidative stress.

4. Conclusions

The aBC was successfully generated at various treatment temperatures without trans-
forming the original physical features. The treatment temperature is known to significantly
impact the surface chemical structure of aBC; hence, we were able to simplify the investiga-
tion into the effect of surface chemical properties of aBC on human epithelial cells; aBC with
a nano size effectively penetrated the plasma membrane, leading to cell damage. It was
found that an increase in the presence of oxygen functional groups on the surface of aBC
directly affected cell viability and oxidative stress in A549 cells. The remaining limitation
of this research is that aBC is still far from real-world BC, which has a complex mixture of
chemical components, however, the results of the relationship between cytotoxicity and
surface oxidation of aBC can be the foundation to conduct further research. Furthermore,
aggregation and surface morphological changes of aBC in cell medium culture need further
investigation, and aBC-induced bio-toxicity with proof of cell uptake is also needed to
improve the quality of the cytotoxicity test. The semi-quantification of cell uptake should
be investigated to support the mechanism of cell death. An in vivo test and in vitro test
with an air–liquid interface approach would be needed for further toxicological models
for our synthesized aBC, rather than a submerged cell culture to minimize the current
limitations. Future studies will focus on aBC synthesized with sulfates, nitrates, metals,
and organic compounds that are commonly emitted with BC to the atmosphere to better
simulate real-world experimentation.
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Abstract: This study aimed to provide insight regarding the influence of Ce oxide nanoparticles
(nCeO2) with different concentrations and two different particle sizes on the germination and root
elongation in seedlings of spontaneous terrestrial species. In a bench-scale experiment, seeds of
the monocot, Holcus lanatus and dicots Lychnis-flos-cuculi and Diplotaxis tenuifolia were treated with
solutions containing nCeO2 25 nm and 50 nm in the range 0–2000 mg Ce L−1. The results show that
nCeO2 enters within the plant tissues. Even at high concentration, nCeO2 have positive effects on seed
germination and the development of the seedling roots. This study further demonstrated that the
particle size had no influence on the germination of L. flos-cuculi, while in H. lanatus and D. tenuifolia,
the germination percentage was slightly higher (+10%) for seeds treated with nCeO2 25 nm with
respect to 50 nm. In summary, the results indicated that nCeO2 was taken up by germinating
seeds, but even at the highest concentrations, they did not have negative effects on plant seedlings.
The influence of the different sizes of nCeO2 on germination and root development was not very
strong. It is likely that particle agglomeration and ion dissolution influenced the observed effects.

Keywords: nanomaterials; cerium oxide nanoparticles; wild herbs; seed germination; root length

1. Introduction

Nanoscience and nanotechnology are rapidly evolving in different applications having the
potential to revolutionize human life. Considerable headways have been made for applications
of engineered nanomaterials (ENMs) and nano-enabled products in medicine, energy, electronics,
innovative materials and many others [1].

The flip side of nanotechnology is the release in the environment of tons of ENMs [2]. According to
the ENMs flow models, soils and waters are the endpoints of such materials [3,4]. However, we still
have patchy knowledge regarding the impacts of these materials on biota [5]. Since plant Kingdom
represent about 82% of living organisms mass on Earth [6], and their ecological role is of paramount
importance to understand the relationships between plants and ENMs. In particular, studying the
behavior and fate of ENMs within plants is of great significance for exploring (i) ENMs uptake,
translocation and storage in plant tissues, (ii) mechanisms of plant toxicity, and (iii) life cycle risk
assessment of ENMs and risks of transfer to the trophic chain.
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The early experimental demonstration regarding the negative influence of ENMs in higher plants
was carried out not many years ago [7]. Subsequent studies reported physiological and morphological
anomalies of plants exposed to nanomaterials [8,9]. Conversely, several studies of positive effects of
ENMs applications to crops were reported. This is why applications of nano-enabled products in crop
nutrition and protection are under investigation [10–12]. The first investigations revealed that the
relationships between plants and ENMs are very complex. Up to now, the research has been paid
almost exclusively to food crops, while the spontaneous plant species have been almost neglected.
Although this was largely justified by the potential risks for ENMs human exposure, the potential
negative impact of ENMs on primary producers could have very serious consequences on food webs
and ecosystem services [13], and therefore, it should not be deemed less significant.

Experiments carried out on crops demonstrated that the chemical and physical properties of ENMs
(e.g., size, shape, structure, composition, concentration, and others), the environmental conditions,
the plant species and age contribute to determining the effects on plants [14,15]. It is not advisable
to generalize the results on crops to other plants living on natural ecosystems, neither fertilized nor
irrigated, and potentially more exposed to ENMs fluxes having a longer life-cycle than crops.

Studies have been conducted to investigate the flow of nanomaterials into aquatic and terrestrial
environments. As regards plants, more aquatic [16–20] and wetland species [21–23] have been studied
than terrestrial ones so far. To the best of our knowledge, Pinus sylvestris (L.) and Quercus robur (L.) are
the only terrestrial wild plant species that have been investigated for exposure to silver nanoparticles
(nAg) and cerium oxide nanoparticles (nCeO2) so far [24].

Investigations on the effects of metal nanoparticles (MeNPs) on plant physiology are based on
the assumption that nanomaterials can be absorbed by plants and that the former can subsequently
move within the plant tissues while maintaining the nanoform, or that they can release elements in
ionic form. Hence, the experiments in this field must be designed in order to verify whether the
nanomaterials are taken up by the plant roots or internalized through other pathways such as stomata,
leaf cuticle/epidermis, and hydathodes [25].

Given the estimated global production of 100–1000 tons per year, nCeO2 is among the most widely
utilized metal oxide nanoparticle in Europe [26]. For this reason, the Organization for Economic
Cooperation and Development (OECD) included nCeO2 among the nanoparticles to be studied and
analyzed for the risk assessment [27]. nCeO2 could cause several effects on the plant system depending
on nCeO2 particle size, treatment concentration and plant species. Literature reports contradictory
results. Positive effects in terms of germination, biomass yield, photosynthesis and nutritional status
have been observed on several species [28]. Other papers report a reduction of germination rates,
reduction or inhibition of root growth, restrictions of biomass growth, and crop yield [29–31].

In this study, we evaluated the influence of nCeO2 having different concentrations and two particle
sizes on the germination and root elongation in seedlings of the spontaneous monocot Holcus lanatus (L.),
and the dicots Lychnis flos-cuculi (L.) and Diplotaxis tenuifolia (L.) DC. The plant species have been
chosen since they are common and widespread in natural systems, highly competitive and easily
adaptable to different ecological conditions. Holcus lanatus L. (common velvet grass) is a hairy, tufted,
fibrous-rooted and meadow soft perennial grass, growing between 50 and 100 cm tall, belonging to the
Poaceae family. It has a wide climatic range and occurs over a wide range of soil types and fertility
conditions [32]. Lychnis flos–cuculi L. (ragged-robin) is an herbaceous perennial plant belonging to
the Caryophyllaceae family, and it is native and distributed throughout Europe [33]. It is found in
open habitats, along roads and in wet meadows and pastures. Finally, Diplotaxis tenuifolia L. DC.
(perennial wall rocket) is a perennial flowering herbaceous Mediterranean species, but it is native to
Europe and Western Asia [34]. It grows in temperate climates and could be found in different habitats,
but in particular in ruderal plant associations.
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2. Materials and Methods

2.1. Nanoparticles Characterization

The nCeO2 with an average particle size of 25 nm and 50 nm, respectively, were purchased from
Sigma-Aldrich (St. Louis, MO, USA). nCeO2 has a density of 7.13 g mL−1 at 25 ◦C and 99.95% purity
(81.25% of Ce).

The cerium oxide nanoparticles were suspended in deionized water and sonicated in a water bath
for 60 min with a sonication power of 180 watts. The suspensions were characterized for Z–average
size and hydrodynamic diameter (Hd), whose distributions were measured by dynamic light scattering
(DLS) on a Zetasizer Nano ZS (Malvern Ltd., Worcestershire, UK) and relative polydispersity index
(PDI). ζ—potentials at pH 7.0 were quantified by laser Doppler velocimetry as the electrophoretic
mobility, using a disposable electrophoretic cell (DTS1061, Malvern Ltd., Worcestershire, UK). The size
and average shape were measured with transmission electron microscopy (TEM, FEI Tecnai F20,
FEI Company, Eindhoven, The Netherlands).

2.2. Experimental Setup

Seeds of H. lanatus and L. flos–cuculi were purchased from SemeNostrum (Udine, Italy), while seeds
of D. tenuifolia were provided by Sementi Bruni (Corbetta, Milan, Italy). The experiment was carried
out in controlled conditions. 30 seeds were placed into 15 mm Petri dishes containing filter paper
soaked with 10 mL of deionized water (control) and 0.2, 2, 20, 200 and 2000 mg mL−1 of nCeO2 25 nm
and nCeO2 50 nm suspensions. The suspensions of nanoceria were prepared and sonicated for 10 min
to avoid aggregation. The Petri dishes were covered with aluminum paper to avoid light and set at
room temperature (25 ◦C). The duration of the experiment was of two weeks. Each treatment was
replicated three times. Germination was calculated as the ratio of germinated seeds out of the total
seeds in each Petri dish. Seedlings were photographed, and Image J software [35] was used to measure
roots length, which was calculated as the average of measures of all roots that emerged from seeds for
each treatment.

2.3. Ce concentration in Plant Seedlings

To quantify the total content of Ce inside different plant species, seedlings were washed by
agitation with HNO3 0.01 M for 15 min and rinsed with deionized water. The washed seedlings
were oven-dried at 60 ◦C for three days, and 0.3 g of tissues were digested on a microwave oven
(MARS Xpress, CEM, Matthews, NC, USA), using 9 mL of HNO3 and 1 mL of hydrogen peroxide
(H2O2) in Teflon cylinders at 180 ◦C. Plant extracts were diluted and filtered with Whatman 0.45 μm
PTFE membrane filters. During the ICP–MS analysis, yttrium was the internal standard used for
the analysis [36].

2.4. Internalization of nCeO2 in Plant Tissues

At the end of the germination experiment, the uptake of nCeO2 by plant seedlings was verified
by enzymatic digestion. The digesting enzyme used was Macerozyme R−10 enzyme–pectinase from
Rhizopus sp. (Sigma-Aldrich Co., St. Louis, MO, USA). The extraction of nCeO2 from homogenized
samples of these species was performed according to Jiménez-Lamana et al. (2016) [37]. In particular,
0.03 g of fresh plant samples were harvested, rinsed with deionized water and homogenized with 8 mL
of 2 mM citrate buffer at pH 4.5, using an ultrasonic bath for 5 min. After the homogenization, 2 mL of
the enzyme solution (0.05 g of enzyme powder for roots, shoots, leaves and seedlings, dissolved in
2 mL of MilliQ water) was added. The samples were shaken in a water bath at 37 ◦C for 24 h, and the
obtained suspensions were filtered with a 0.45 μm cellulose filters to remove the solid parts of seedlings.
The final supernatants were appropriately diluted and analyzed using the single particle inductively
coupled plasma mass spectrometer (sp-ICP-MS) NexION 350 (PerkinElmer Waltham, MA, USA).
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2.5. Data Analysis

Statistical analysis was carried out with three-, two- and one-way analysis of variance (ANOVA).
When necessary, data were subjected to logarithmic transformation prior to analysis, which effectively
homogenized the variances and produced approximately normal distributions. A posteriori comparison
of individual means was performed using Tukey’s test (p < 0.05). Differences between treatments
for the different measured variables were tested using one-way ANOVA. Data are expressed as
mean ± standard deviation (SD). Sp–ICP–MS data on nanoceria size distribution were processed
by means of Syngistix Nano Application Module software (PerkinElmer Waltham, MA, USA) and
interpolated with polynomial curves.

The nCeO2 concentration range (0–2000 mg L−1) was chosen considering that the large body of
literature studies reporting the effects of nCeO2 on plant physiology used Ce concentrations in the
range 1–1000 mg L−1 [4,37], while the phytotoxicity test, as recommended by the USEPA approach,
used the 2000 mg L−1 level [38].

3. Results

3.1. Characterization of nCeO2

The results of the physicochemical characterization of nCeO2 are reported in Table 1 and Figure 1A.
In particular, the relative Z—averages are reported in Table 1, together with the relative polydispersity
index (PDI) and the ζ—potentials of the particles. The Hd distribution of both the materials is
in agreement with the value provided by the supplier. Both nCeO2 25 nm and 50 nm exhibit a
monodisperse size particle distribution in the nanometric range with relatively low PDI, and the main
size peak at 62.0 nm and 91.0 nm, respectively. The relative Z-averages were found to be much larger
than these values; this was probably due to the presence of particle aggregates. Since a high net surface
charge is typically associated with weak nanoparticle interactions and aggregation, these data are
coherent with the higher Z-average detected for sample nCeO2 50 nm with respect to nCeO2 25 nm [39].
Figure 1B,C reports fields of TEM observation of nCeO2 25 and 50 nm suspensions.

Table 1. Z-average size, relative polydispersity index (PDI) and ζ—potentials of nCeO2 25 nm
and 50 nm.

Material Z-Average PDI ζ-Potential

(nm) (mV)

nCeO2 25 nm 126.7 ± 1.0 0.17 ± 0.01 39.2 ± 1.1
nCeO2 50 nm 205.7 ± 1.0 0.25 ± 0.02 24.1 ± 0.8

 
Figure 1. (A) Particle size distribution measured by dynamic light scattering (DLS) on suspensions of
nCeO2 25 nm and 50 nm; (B) transmission electron microscopy (TEM) image of nCeO2 25 nm; (C) TEM
nCeO2 50 nm.
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3.2. nCeO2 Plant Internalization

The early step of our study was devoted to verifying the entry of nCeO2 into plant tissues.
Control and treated seedlings of H. lanatus, L. flos-cuculi and D. tenuifolia were subjected to the extraction
procedure and further analyzed by sp–ICP–MS. Size distributions of ceria nanoparticles in stock
solutions and in the seedlings treated with 20 mg L−1 nCeO2 25 nm and 50 nm are reported in Figure 2.

Figure 2. Particle size distributions of, respectively, nCeO2 25 nm and nCeO2 50 nm stock solutions
(open bars) and after enzyme treatment of seedlings of H. lanatus, L. flos-cuculi and D. tenuifolia
(closed bars) treated with 20 mg L−1 of nCeO2.

As expected, in control seedlings, nCeO2 was not detected, whereas in all treated species, (i) the
presence of internalized nCeO2 was verified, and (ii) the nCeO2 have a different size distribution
than stock solution suggesting aggregation phenomena between nanoparticles (Figure 2 and Table 2).
Data from sp–ICP–MS analysis confirmed that nCeO2 underwent agglomeration. The increase of
the median diameter of nCeO2 was evident for seedlings treated with nCeO2 25 nm, being 41.7 nm
the average size of the nanoparticles extracted from seedlings (41 nm in H. lanatus and L. flos-cuculi,
and 43 nm in D. tenuifolia). The mean size of particles extracted from seedlings treated with nCeO2

50 nm was 47 nm so in good agreement with the treatment (Figure 2 and Table 2).

Table 2. Most frequent size, mean size and number of peaks determined by sp–ICP–MS analysis after
enzyme treatment of seedlings of H. lanatus, L. flos-cuculi and D. tenuifolia treated with 20 mg L−1 of
nCeO2 25 nm and 50 nm.

Treatment Species
Most Frequent Size

(nm)
Mean Size

(nm)
N. of Peaks

(n)
Dissolved Ce

(ppb)

nCeO2 25 nm
H. lanatus 40 41 1632 0.12

D. tenuifolia 35 43 2630 0.08
L. flos-cuculi 31 41 3079 0.03

nCeO2 50 nm
H. lanatus 41 44 1388 0.22

D. tenuifolia 40 48 1871 0.20
L. flos-cuculi 41 49 1842 0.21

The sp–ICP–MS results also show that the most frequent size of nanoparticles taken up by plants
is similar for monocotyledons and dicotyledons for nCeO2 50 nm, whereas, for 25 nm treatments,
the most frequent diameter is smaller in L. flos-cuculi and D. tenuifolia (respectively 31 and 35 nm)
than H. lanatus (40 nm) (Figure 2 and Table 2). Regarding this aspect, some authors evidenced a
size-dependent uptake and translocation of nCeO2 in plants. In particular, nCeO2 having a diameter

117



Nanomaterials 2020, 10, 2534

smaller than 50 nm are present in all plant tissues and pass from roots to the aerial parts without
dissolution and transformation.

3.3. Seed Germination and Root Length

A three-way ANOVA was run in order to have a general view regarding the effects of plant
species, nCeO2 size and Ce concentration on (i) percentage of germination, (ii) root length and
(iii) Ce concentration in plant tissues. There were significant three-way interactions for percentage
of germination (p = 0.0463 *) and root length (p = 0.0000 ***) (Table 3). Subsequently, the statistical
analysis with two-way ANOVA within the species continued.

Table 3. Three-way ANOVA p values for the main effects of plant species, nCeO2 size and
Ce concentrations and their interactions on the percentage of germination, seedling root length
and Ce concentration in seedling of H. lanatus, L. flos-cuculi and D. tenuifolia.

Effect % Germination Root Elongation Ce Concentration in Seedlings

Species 0.0000 *** 0.0000 *** 0.0000 ***
nCeO2 size 0.0000 *** 0.0000 *** 0.0000 ***

Ce concentration 0.0161 * 0.0000 *** 0.0000 ***
Species × nCeO2 size 0.0000 *** 0.0000 *** 0.0000 ***

Species × Ce concentration 0.0115 * 0.0000 *** 0.0000 ***
nCeO2 size × Ce concentration 0.7171 ns 0.0000 *** 0.0895 ns

Species × nCeO2 size × Ce concentration 0.0463 * 0.0000 *** 0.0848 ns

ns: not significant at p ≤ 0.05; *, ** and *** indicate significance at p ≤ 0.05, p ≤ 0.01 and p ≤ 0.001.

As shown in Figure 3, treatments improve the germination percentage in all the three species
if compared with controls. Indeed, germination increases more than 20% in several treatments in
H. lanatus, 15% in L. flos-cuculi and 10% in D. tenuifolia, with respect to the control.

The evaluation of the effects induced by nCeO2 of different sizes is the main objective of this
study. Actually, we have not verified a clear trend related to the nCeO2 size. In fact, the nanoparticle
dimensions had no influence on the germination of L. flos-cuculi, while in both the other species,
in some cases, they did. We observed that the germination percentage is higher for seeds treated with
nCeO2 25 nm (about +10%) compared with 50 nm. (Figure 3). A statistically significant difference was
found in H. lanatus at 2 and 200 mg L−1 (respectively, p = 0.0282 * and p = 0.0132 *) and D. tenuifolia at
the at 0.2 and 2 mg L−1 (respectively, p = 0.0072 ** and p = 0.0249 *) (Figure 3). It is quite likely that
in this species, the influence of the size of nCeO2 on germination could have been observed even at
the highest concentration, but the high variability of the data influenced the response of the statistics
(p = 0.0866) (Figure 3).

Previously we demonstrated some relationships between the germination process and nCeO2

size. Similar observations were carried out on the seedling root length (Figure 4).

118



Nanomaterials 2020, 10, 2534

Figure 3. Percentage of seed germination in H. lanatus, L. flos-cuculi and D. tenuifolia, grown in Petri
dishes and treated with solutions of nCeO2 25 nm and nCeO2 50 nm at 0, 2, 20, 200 and 2000 mg L−1,
respectively. The values are mean ± SD (standard deviation) of 3 replicates. Statistical significance
of the treatments for each Ce concentration is reported: (i) figure upper part→comparison between
nCeO2 25 nm and 50 nm; (ii) figure lower part→comparison between all treatments. Different letters
indicate statistical differences. ns = not significant, * p ≤ 0.05, ** p ≤ 0.01.

In this case, the results demonstrate that, regardless of the Ce concentration, root length was not
influenced by the nCeO2 size. However, treatments stimulate the root growth in all three species,
with a clear increase of length, in particular in L. flos-cuculi and D. tenuifolia, if compared with control
seedlings (Figure 4). Some differences in response to treatments are species-specific. The nCeO2 of
both sizes do not have any stimulating effect on the length of the roots of H. lanatus, which resulted
in insensitivity to the treatments even at higher concentrations. On the other hand, we observed an
increase in root length in treated seedlings of the other species. This effect was particularly intense
in L. flos-cuculi, where the length of the roots of treated seedlings on average has almost doubled
(+90.1%) compared to the control (14.7 mm and 7.73 mm, respectively). The stimulating effect of nCeO2

demonstrated in D. tenuifolia is much less powerful but remarkable, where we found a 34% increase in
root length compared to the control (22.8 mm and 16.9 mm, respectively).
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Figure 4. Root length in seedlings of H. lanatus, L. flos-cuculi and D. tenuifolia, grown in Petri dishes and
treated with solutions of nCeO2 25 nm and nCeO2 50 nm at 0, 2, 20, 200 and 2000 mg L−1, respectively.
The values are mean ± SD (standard deviation) of 3 replicates. Statistical significance of the treatments
for each Ce concentration is reported: (i) figure upper part→comparison between nCeO2 25 nm and
50 nm; (ii) figure lower part→comparison between all treatments. Different letters indicate statistical
differences. ns = not significant, * p ≤ 0.05, ** p ≤ 0.01.

3.4. Ce Concentration in Plant Seedlings

To quantify the total content of Ce that was taken up by seedlings in the three plant species, we used
an ICP–MS after the acid digestion of the samples. The elaborated data with the total concentration of Ce
are presented in Figure 5.
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Figure 5. Ce concentration in seedlings of H. lanatus, L. flos-cuculi and D. tenuifolia, grown in Petri
dishes and treated with solutions of nCeO2 25 nm and nCeO2 50 nm at 20, 200 and 2000 mg L−1,
respectively. The values are mean ± SD (standard deviation) of 3 replicates. Statistical significance
of the treatments (ANOVA p value) for each Ce concentration is reported. Different letters indicate
statistical differences (p ≤ 0.05).

The concentration of total Ce in seedling tissues of H. lanatus, L. flos-cuculi and D. tenuifolia shows a
different magnitude of accumulation according to the treatments. In fact, a statistically significant effect
of treatments (p < 0.05) was verified for all the species. As already reported in Table 2, the interaction
“species x Ce concentration” was highly statistically significant (p = 0.0000 ***). With regard to the
nCeO2 size, we observed that the seedlings treated with the smaller nCeO2 reveal a higher concentration
of Ce in their tissues than the ones treated with the 50 nm nanoparticles. This occurred in particular in
L. flos-cuculi and D. tenuifolia and at the two highest concentrations of treatments, but not in H. lanatus.
In L. flos-cuculi, the total content of Ce corresponds to 165 and 128 mg kg−1 DW at 200 mg L−1; 1616 and
1151 mg kg−1 DW at 2000 mg L−1 (p = 0.0134 *), respectively at 25 nm and 50 nm. In D. tenuifolia
we detected 189 and 114 mg kg−1 DW at 200 mg L−1; 1841 and 1305 mg kg−1 DW at 2000 mg L−1

(p = 0.0465 *), respectively at 25 nm and 50 nm (Figure 5).
The size of the nanoparticles in our study was 25 nm and 50 nm. By looking at Figure 2, it turns

out that the stock solutions of the two nominal sizes are actually a mixture of nanoparticles of different
dimensions, with 25 nm and 50 nm being the dimensions among the ones having the highest frequencies.
This makes one conclude that both the dispersions contain nanoparticles that can potentially enter the
plant roots. There are two main factors, among others, that can influence the uptake and translocation
of the nanoparticles: (i) the size of the pores in the cell membrane; (ii) the tendency of the nanoparticles
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to aggregate due to chemical interactions. Given the fact that the dimension of the nanoparticles at
a given shape determines the surface to volume ratio, this can affect the entity of such aggregation
(the smaller the dimension, the more likely the aggregation).

Tables S1 and S2 report the calculations of the nCeO2 25 nm and 50 nm ratios based on the
assumptions that all the nanoparticles are spherical and equal in size (25 nm or 50 nm) in the dispersions
as well as inside the seedlings and no aggregations occur. The theoretical ratio (Table S1) refers to an
ideal scenario for which an equal mass of nanoparticles is taken up by both the plants exposed to the
nCeO2 25 nm and the nCeO2 50 nm; the theoretical ratio is hence obtained by calculating the number
of nanoparticles at a given size (25 nm or 50 nm) as the mathematical division of the total mass of Ce in
the plant by the mass of a single nanoparticle. The observed ratio is calculated following the same
procedure and assumptions, but considering the experimental mean Ce mass measured in planta for
the different treatments (Table S2).

4. Discussion

The previously published studies carried out in controlled conditions, such as Petri dishes and
hydroponics, reported that the toxicity of nanomaterials in the initial development stages of plant
growth could be due to physicochemical properties, as well as particle size and shape [40,41]. In general,
MeNPs show early negative consequences on the development stages of crops and this observation is
confirmed in some publications [7,8,42,43].

Literature papers suggest that nCeO2 generally enters plants through root uptake and may cause
several effects on the early stages of plant development, such as reducing or increasing germination
rates and improving, reducing or inhibiting radical growth [44,45]. When germinating seeds are
exposed to nanoparticles, different effects could be verified, basically depending on the plant species
and particle size and concentration [8].

It was demonstrated that nCeO2 having a diameter comprised in the range 50–100 nm are taken
up by roots, but they hardly move towards the aerial plant fractions, while nCeO2 larger than 100 nm
is not absorbed by roots [46,47]. We observed that the formation of particle agglomerates concerns,
in particular nCeO2 25 nm. It is very likely that this was due to the higher specific surface than nCeO2

50 nm. At the same time, sp–ICP–MS analysis showed the largest number of peaks in all seedlings
treated with nCeO2 25. Confirming previous literature findings [48], this suggests that the smaller
particle size has the ability to enter into the roots more easily than 50 nm. Combining the previous
evidence, we hypothesize that the nCeO2 25 nm agglomeration occurred inside the seedling tissues.

According to Layet et al. (2017) [49], we demonstrate that the two dicotyledons take up more
nCeO2 than H. lanatus. Since seedlings of the different species growing in the same conditions, it is
likely that the uptake and translocation of nCeO2 are influenced by species-specific physiological traits.
The ability of nCeO2 uptake by roots and subsequent translocation to the other parts of plants was
already demonstrated in crop species [50–52]. We observed a similar particle size distribution for
nCeO2 25 nm in L. flos-cuculi and D. tenuifolia. At the same time, no relevant changes were observed for
nCeO2 50 nm.

We recorded a negligible dissolved concentration of Ce ions in all samples, indicating that nCeO2

did not undergo dissolution after being absorbed by roots. On the other hand, we observed that
small signals of dissolved forms of Ce correspond to the presence of bigger nanoparticles (50 nm),
as previously reported [52,53]. Hence, it is likely that nCeO2 25 nm after being taken up by the seedling
roots move through the vascular system forming aggregates. This process has been explained by the
attraction between nanoparticles caused by van der Waals forces or chemical bonds [54,55]. However,
since this also occurs within the plant tissues, it is still unclear whether and how species-specific factors
can influence this process.

A large number of studies highlight that in some plant species, particle agglomeration happens
before the passage from roots to the other parts of seedlings [42,56–58]. This statement could be
justified by the plausible hypothesis that MeNPs pass through the apoplastic pathway [59] or cause the
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destruction of some cell walls, and in so doing, they pass through the enlarged pores [60]. However,
nanoparticles could enter the vascular system where the Casparian strip is not formed [61,62] or
through the lateral root junction [25,61,63,64].

Our data also indicated that the treatments with nCeO2 of different size influenced the size
distribution of nanoparticles within the plant tissues. This could be due to the smaller size of the
materials that lead to an exponential increase in surface area relative to volume in contact with roots.
We can conclude that the nCeO2 entered inside the seedlings, and therefore, the results that will be
described later are reasonably influenced by the experimental treatments. With regard to nCeO2

aggregation, in this study, we did not develop further observations.
With regard to the observed stimulating effect on germination of nCeO2, it must be said that on

this point, the literature reports conflicting data. Low toxicity and reduction of seed germination were
observed on Lycopersicum esculentum and Zea mays [44] and Glycine max [65], whereas germination
of Hordeum vulgare was indifferent up to 2000 mg L−1 nCeO2 [66]. As a matter of principle, a direct
comparison of data from different experiments is difficult. However, if we were looking to draw a
conclusion from available literature data on this point, we can say that nCeO2 does not cause acute
toxicity in the early stages of plant development.

Leaving the nanoscale, it can be confirmed that Ce influence positively seeds germination. As for
other rare earth elements, it has been suggested that Ce may have a positive effect by enhancing
the effects of phytohormones on germinating seeds [67,68]. In addition, it seems that eventually,
monocots species are more tolerant of Ce than dicot ones [69].

Contradictory literature evidence regards the influence of nCeO2 on root development in different
stages of plant growth. Positive effects on root growth were observed in Zea mays, Cucumis sativus
and Lactuca sativa [44,59]. As occurred in our species, very high tolerance to nCeO2 was reported for
Cucumis sativus, Brassica oleracea, Brassica napus and Raphanus sativus, whose root growth resulted not
affected up to nCeO2 2000 mg L−1. Oppositely, a slowed root development in treated Medicago sativa
and Lycopersicum esculentum was reported [44].

As regards the Ce concentration (or mass per volume) in the seedlings exposed to the two
dispersions, it is possible to conclude that the amount of Ce is greater for nCeO2 25 nm. Actually,
this is not very informative in terms of the number of nanoparticles inside the plants if we consider the
fact that the two dispersions had the same quantity of Ce in mass but different amounts in terms of
nanoparticles. If we assume that the nanoparticles of the two dispersions are of the same shape and
that the frequency of the dimension is 100% for both the dimensional class (25 and 50 nm), then we can
conclude that the seedlings exposed to the nCeO2 25 nm were in fact exposed to 8 times the number of
nanoparticles when compared to the 50 nm dispersion, since the volume goes with the cubic pattern.

Following this reasoning and assuming that the cell membrane pore size is not limiting the entrance
of the nanoparticles because the mean size is greater than the sizes of the nanoparticles [70,71], it can
be shown that the ratio between the number of nanoparticles taken up by the plant, calculated from
the mass, is not in a ratio 1 to 8 as it would be if the two types of nanoparticles were taken up at the
same level, but it is 1 to a greater number. This can lead us to speculate that the number of 50 nm
nanoparticles inside the seedlings is lower than expected, and this could be due to the aggregation of
the nanoparticles outside the plants that limited the entrance of the 50 nm nanoparticles more than
the 25 nm nanoparticles despite their higher tendency to form clusters. On the other side, we may
assume that the pores of the cell membrane act as filters and so explain why the nCeO2 50 nm reached
a lower concentration in the seedlings. Of course, this is based on some assumptions that are not likely
to occur in real conditions (the shape and size of the nanoparticle are far from being homogeneous
and aggregation occurs). In addition, in more complex conditions, such as at field condition or in
experiments that use real soil, the strategies that plants use to absorb nutrients from the substrate
can influence, for instance, the solubility of the nanoparticles (e.g., by acidification of the rhizosphere
which may change the solubility of the different chemical forms of Ce).
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5. Conclusions

Under our experimental conditions, the presence of nCeO2—even at high concentrations—did not
cause negative effects on H. lanatus, L. flos-cuculi and D. tenuifolia. On the contrary, nCeO2 had a
stimulating effect in the early stages of development of the plants. The plants’ response with respect to
the different nCeO2 sizes has not been very evident. This aspect requires important insights that must
take into account the aggregation/dissolution dynamics of nCeO2 and the forms of Ce taken-up by
plants, as well as the fate of the nCeO2 assimilated by plants. Our results are quite in accordance with
the literature, in which—it must be remembered—there are still rather conflicting results, obtained to a
very large extent by observing crop species.

Finally, the knowledge of the effects of the exposure of plants to ENM is limited. It is acknowledged
that the flux of ENM in the ecosystem involves the primary producers. That is the reason why it is
important to focus the research on this field as well as to develop new methods of investigation suitable
to non-food species.

As previously reported, the number of works dedicated to the study of the effects resulting from
the exposure of spontaneous terrestrial species to ENMs is very low. This constitutes “per se” the
major novelty element of this paper. Our observations were made during the early stages of vegetative
development. It will be necessary to extend the study to evaluate the effects of the treatments over the
whole plant life-cycle. It will be equally important to compare the responses of plants with respect to
single and repeated treatments over time.

Supplementary Materials: The following are available online at http://www.mdpi.com/2079-4991/10/12/2534/s1,
Table S1: Theoretical ratio calculated at a hypothetical equal mass of nanoparticles uptaken by plants exposed
to nCeO2 25 nm and 50 nm. The ratio is calculated by dividing the number of nCeO2 25 nm by the number of
nCeO2 50 nm; both numbers are calculated dividing the mass by the estimated the mass of a single nanoparticle
(g/g). Table S2: The observed ratio calculated at the measured mean Ce uptake by the plants exposed to the two
nCeO2 25 nm and 50 nm for the treatments 200 and 2000 ppm and the two species L. flos-cuculi and D. tenuifolia.
The ratio is calculated by dividing the number of nCeO2 25 nm by the number of nCeO2 50 nm; both numbers are
calculated dividing the mass of Ce derived from the measured mean Ce by the estimated the mass of a single
nanoparticle (g/g).
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Abstract: Microplastics (MPs) (including nanoplastics (NPs)) are pieces of plastic smaller than 5 mm
in size. They are produced by the crushing and decomposition of large waste plastics and widely
distributed in all kinds of ecological environments and even in organisms, so they have been paid
much attention by the public and scientific community. Previously, several studies have reviewed the
sources, occurrence, distribution, and toxicity of MPs in water and soil. By comparison, the review
of atmospheric MPs is inadequate. In particular, there are still significant gaps in the quantitative
analysis of MPs and the mechanisms associated with the toxic effects of inhaled MPs. Thus, this
review summarizes and analyzes the distribution, source, and fate of atmospheric MPs and related
influencing factors. The potential toxic effects of atmospheric MPs on animals and humans are also
reviewed in depth. In addition, the common sampling and analysis methods used in existing studies
are introduced. The aim of this paper is to put forward some feasible suggestions on the research
direction of atmospheric MPs in the future.

Keywords: microplastics; atmosphere; distribution; characteristics; toxicity; quantitative analysis

1. Introduction

A significant number of previous studies have emphasized the ubiquitous presence of
microplastics (MPs) in the oceans [1], freshwater bodies [2,3], and soil [4], along with food
items, drinks [5], seasonings [6], and aquatic organisms (Figure 1). Microplastic pollution
in the environment can be caused by several factors, including landfills [7]; dumping and
application of sewage sludge [8]; fiber shedding of synthetic textiles; transportation (wear
of tires, brakes, road signs, etc.) [9]; and other human activities, including industrial plastic
pellet preproduction [10], plastic mulching and grinding in agricultural [11], fisheries,
and tourism [12]. After being released into the environment through different pathways,
these microplastics experience the process of degradation (physicochemical fragmentation,
chemical aging, biological degradation, etc.) [11] and translocation [13] under different
environmental conditions. Finally, they enter animals and humans through skin contact,
oral ingestion, inhalation, and other ways and continue to get enriched [14]. After entering
the body, microplastics may produce a variety of negative effects, such as decreased growth
rate [15], inflammatory response [16] and oxidative stress [17], and metabolic disorders [18].
In severe cases, they can penetrate organs [19,20], tissues [21], and even cells [22], causing
toxic effects. Because microplastics have a large specific surface area and strong adsorption
capacity, they easily adsorb various inorganic pollutants, such as Cu, Pb, and Cd, [23] and
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organic pollutants, e.g., PCBs [24], PAHs [18], and polybrominated diphenyl ethers [25].
Even some microplastics themselves contain additives with a certain toxicity, and some
studies have shown that microplastics combined with these pollutants pose a serious threat
to organisms.

 

Figure 1. Cycle of microplastic pollution in ecosystems.

MPs in the air have been identified as particulate air pollutants and paid great attention
recently [26]. However, at present, the research on environmental MPs is mainly focused
on the aquatic ecosystem, and the number of studies on atmospheric MPs is limited, which
is a limitation to further understanding the environmental characteristics and negative
effects of atmospheric MPs. The small size of MPs, especially nanoplastics (NPs), facilitates
their emissions into the air [27] and long-distance transportation [28] and can cause adverse
effects on animals and humans through respiratory inhalation [29]. Critical analysis is
urgently needed to open new ways of thinking about atmospheric MPs in the future.

In this review, the research progress on atmospheric MPs in recent years is summa-
rized, including the following: (1) the global distribution of atmospheric MPs and their
influencing factors, (2) the origin and fate of atmospheric MPs, (3) advances in sampling
and analysis of atmospheric MPs, (4) toxicological impacts of MPs in the atmosphere on
animals and humans, and last but not the least (5) the existing gaps in each part and the
corresponding future research directions.

2. The Global Distribution of Atmospheric MPs and Associated Influencing Factors

2.1. Distribution Profile

At present, the relevant studies on the distribution of MPs mainly pay attention to the
water and soil environment and the number of studies about atmospheric MPs is limited
(Table 1). The earliest research on the distribution of atmospheric MPs can be traced back
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to Dris et al. collected and analyzed samples of outdoor air in Paris’s urban areas, where
the concentration of MPs ranged between 29 and 280 items/m2/day. The size of MPs
ranged from 0.1 to 5 mm, and the shapes mainly included fibers and fragments [30]. In
another study, Dris et al. measured that the number of MPs in indoor air in Paris reached
5.4 items/m3, while that in outdoor air in the same area was only 0.9 item/m3, indicating
indoor human activities among the major sources of MPs in indoor settings [31].
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Subsequently, studies on atmospheric MPs have been carried out around the world,
including a dozen countries and regions in Asia [33,34,38,39,47], Europe [36,43,45], and
the Arctic [48]. The survey areas include urban sites, such as municipal areas [38], apart-
ments [31], offices [31], industrial areas [40], terminals [35], and universities [47], as well
as suburbs [32], rural areas [27], mountains [42], straits [46], estuaries [46], oceans [41,46],
glaciers [28], and even the planetary boundary layer (PBL) [27]. These studies suggest that
MPs exist in the atmosphere worldwide, from near the ground level up to 1.5 km high.

2.2. Influencing Factors
2.2.1. Vertical Concentration Gradient

Similar to other air particle pollutants, the concentration of atmospheric MPs near
the ground is much higher than that at high altitudes due to the influence of gravity [49].
Li et al. also demonstrated this phenomenon by collecting atmospheric plastic particle
deposition on the ground and on the roof of buildings in the urban areas of Beijing, where
the concentration of particles in the former was higher than that in the latter [47]. However,
this does not mean that MPs in the atmosphere are not worth taking seriously. Gonzalez-
Pleiter et al. found MPs in the atmospheric particulate matter samples collected by the
spacecraft in the planetary boundary layer (PBL) [27]. These studies suggest that MPs are
ubiquitous in atmospheric environments, ranging from near the ground to high altitudes.

2.2.2. Meteorological Conditions

Dris et al. found that rainfall affects the sedimentation rate of microplastic fibers in
the atmosphere of Paris. When rainfall is 0–0.2 mm/day, 2–34 items/day are recorded.
When the rainfall reaches 2–5 mm/day, the amount of sediment increases to 11–355
items/day [32]. This indicates that rainfall has a significant effect on the precipitation
behavior of atmospheric MPs. Boucher et al. pointed out that 7% of atmospheric MPs are
transported into the ocean by wind [50], indicating that low-density atmospheric plastic
particles can pollute other ecosystems through the wind as a medium. However, Prata et al.
believe that atmospheric microplastic particles have properties similar to other particulate
pollutants and meteorological factors such as wind, precipitation, and temperature will
have an impact on their concentration changes [49]. These studies indicate that meteo-
rological conditions are a significant factor influencing the distribution characteristics of
atmospheric MPs.

2.2.3. Indoor and Outdoor Atmospheric Settings

Numerous studies have shown that the concentration of MPs in the indoor air environ-
ment is much higher than that in the outdoor within the same area. Dris et al. conducted
a study on the outskirts of Paris in 2015, where they analyzed microplastic fibers in the air
outside and inside apartments and found that these man-made fibers are mostly polypropylene
(PP). Moreover, the fiber concentration in indoor air (0.3–1.5 (0.9) items/m3) was significantly
higher than that in outdoor air (0.4–59.4 (5.4) items/m3) [31]. When the outdoor environment
is crowded enough, the concentration of MPs in the atmosphere can reach very high levels.
Kaya et al. analyzed the concentrations of atmospheric MPs in universities and terminals with
a large population in Sakarya Province, Turkey, in 2016–2017, and found concentrations of
particles as high as 10,495–30,822 particles/L [35]. The high concentration of airborne MPs in
indoor and crowded outdoor environments may be attributed to similar conditions of high
population density and poor particle dispersion capacity.

2.2.4. Regional Environmental Conditions

Varying distribution of atmospheric MPs was observed in different regions. The
concentrations and types of atmospheric MPs in different urban areas have similarities
and differences. Cai et al. analyzed the concentration of MPs (175–313 items/m2/day) in
the urban air of Dongguan in 2016 and found that the content of fibers in the air was the
highest (90.1%), followed by fragments (6.8%), film (2.9%), and foam (0.2%)) [33]. In the
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same year, Zhou et al. carried out a similar investigation in the urban area of Yantai and
found that the concentration of atmospheric MPs was 130–640 particles/m2/day, with a
higher occurrence of fiber (95.05%), followed by fragments (4.04%), film (0.73%), and foam
(0.18%) [34]. The concentration of atmospheric MPs varies in different regions, which may
be influenced by local meteorological conditions, the topography, the urban heat island
effect, and other factors [51]. However, the types of atmospheric MPs in different regions
and urban areas show high similarity. Fibers are observed as the absolute dominant shape for
atmospheric MPs, while fragment, film, and foam MPs appear in significantly low quantities.
It is known that microplastic fibers mainly come from synthetic textiles. Fragments may come
from disposable plastic bags, film may be obtained by breaking thick plastic products, and
foam may come from foamed plastics [33]. It is suggested that the atmospheric MPs in central
urban areas mainly come from the shedding of synthetic textiles.

Atmospheric MP concentrations often differ between urban and suburban areas.
Dris et al. collected and analyzed the deposition from the air in the urban and sub-
urban areas of Paris during 2014–2015, and the concentration of MPs in the former
(110 ± 96/m2/day) was much higher than that in the latter (53 ± 38/m2/day) [32]. The
higher intensity of human activity in urban areas may have contributed to higher concen-
trations of atmospheric MPs. The similarity of occurrence between the two (mainly fiber)
may be due to atmospheric migration that leads to regional homogenization.

However, it appears that not all suburban and remote areas have a low atmospheric
microplastic distribution. Allen et al. collected atmospheric sediments from the Pyre-
nees Mountains in France in 2017–2018 and reported an MP concentration of 365 ± 69
items/m2/day. It was dominated by polystyrene and polyethylene. The occurrence was
fragments (68.0%), film (20.0%), and fiber (12.0%) [42]. Ambrosini et al. collected and
analyzed atmospheric sediment samples from the Forni Glacier in the Alps in 2018, and the
concentration of MPs in the samples was 74.4 ± 28.3 items/kg of sediment. MP polymer
types included polyester (39%), polyethylene (9%), polyamide (9%), and polypropylene
(4%). Fibers accounted for 65.2%, and fragments accounted for 34.8% [52]. It can be seen
that remote areas may also have high concentrations of atmospheric MPs and there are
great differences in the concentrations and types among different regions.

At present, due to large differences, it is still difficult to draw a clear picture of the
regional distribution of atmospheric MPs, to identify the most polluted areas, so it is
necessary to master more methods to study atmospheric MPs.

2.3. Gaps in and Prospective Research on Distribution Characteristics of Atmospheric MPs

From the above-reviewed studies, we found that the current research on the distri-
bution of atmospheric MPs is relatively limited and there is a lack of clear and systematic
studies. To this end, we propose the following for future research:

(1) It is difficult to confirm the extent of MP pollution in the atmosphere around the
world. It is suggested that systematic spatial and temporal studies be conducted on
the distribution of MPs in the atmosphere, to further clarify the concentrations, types,
and occurrence of atmospheric MP pollution in different regions and determine the
sources, distribution, and fate of atmospheric MPs in different regions.

(2) We found that the experimental methods for studying atmospheric MPs in the past
papers were different and no standard methods for collection and characterization of
MPs were validated, which greatly reduced the experimental efficiency. In addition,
the measurement criteria and units used were so varied that it is hard to intuitively
make a comparison with the experimental findings of researchers using different stan-
dards (e.g., there is no way to compare the concentrations of MPs in units of m2/day
and m3/day). It is suggested that the use of more efficient sampling and analysis
methods be unified and the industry standards for measuring MP concentration, type,
and occurrence be standardized.
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3. Sources of Atmospheric MPs

3.1. Sources
3.1.1. Synthetic Textiles

Synthetic textiles are a major source of atmospheric MPs. The output of synthetic
textiles in the world has been growing gradually year by year. Since the annual output
exceeded 60 million tons in 2016, it has been growing steadily by about 6%/year [53]. The
commonly used plastic raw materials in synthetic textiles include fiber with polymers of
polyamide (PA), polypropylene (PP), polyacrylonitrile (PAN), polyester (PET), polyvinyl
formaldehyde (PVDF), polytetrafluoroethylene (PTFE), etc. In the use of synthetic textiles,
fine fibers fall off from the fabric and are released into the air due to grinding and cutting
in the textile industry, as well as wearing, washing, and drying clothes in daily life. It
has been reported that thousands of fibers can be shed from a single gram of PAN fab-
ric [54]. According to a study of De Falco et al., there is a significant correlation between
the shedding of microplastic fibers (MFS) during the wearing of synthetic clothing and
the type of fabric. Taking PES as an example, short silk fabrics release more MFS than
filament fabrics, which may be because short fibers are easier to shed during movement,
friction, and other behaviors. However, knitted garments are more likely to shed MFS than
woven garments, which may be due to the looser arrangement of fabric fibers in knitted
garments [55]. COVID-19 is wreaking havoc around the world, leading to a global surge in
the production and use of masks and protective clothing. Mask and protective clothing
materials are known to include PP, polyethylene (PE), polyurethane (PU), PTFE, PET, and
ethylene side-by-side (ES) polymer plastics [56]. These anti-epidemic fabrics may become
a major source of atmospheric MPs in coming years. In addition, because the inside of a
mask is close to your mouth and nose, the MPs they shed can be easily inhaled.

3.1.2. Transportation

Transportation also contributes a lot to atmospheric MPs, for example, in the form of
wear particles from the tires and brakes of cars as well as from road surfaces and aircraft
tires [9,57]. Existing research suggests that the composition of tire and road wear particles
(TRWPs) is about 50% natural or synthetic polymers, which include a large number of
plastic components, such as styrene–butadiene rubber (SBR). It shows that a great number
of plastic particles enter the surroundings each year because of TRWP emission [58],
accompanied by a certain amount of preservatives, antioxidants, desiccants, plasticizers,
and other additives. According to Wagner et al., road traffic alone produces 1.327 million
tons of TRWPs per year in Europe. These TRWPs can easily pollute the air environment
through direct discharge or resuspension of road dust [59]. The world produces 0.2–5.5 kg
of TRWPs per person per year, of which the contribution to PM10 emissions accounts
for 11%. Moreover, TRWPs make up more than 50% of MP emissions in Denmark and
Norway, as well as about 30% in Germany [60]. In addition, TRWPs are usually emitted
in heterogeneous aggregates with other wear particles present in traffic (brake wear, road
wear, etc.) [61].

3.1.3. Dust

The concentration of MPs in ambient dust is very high, both in deposited dust and in
suspended dust. In terms of deposited MP particles, the distribution of MPs of different
shapes and sizes is very uneven under the influence of external forces (natural or human
activities), and they are easily suspended in the atmospheric environment due to external
forces. However, the form of MPs in floating dust is mainly fine fibers. Compared with
other types of plastics, the lower-density characteristics of MPs facilitate their suspension
in air [40]. Liu et al. studied and analyzed indoor and outdoor dust samples from 39 cities
in China and found that PET majorly contributes to the content of MPs in indoor dust.
This may be because indoor MPs are mainly derived from synthetic fabrics and PET is the
main component of polyester in commonly used synthetic fabrics, which are easy to use,

136



Nanomaterials 2021, 11, 2747

wash, and dry. Secondly, polycarbonate (PC), which is widely used in electronic equipment,
hardware, and food packaging, can also easily fall off and enter the atmosphere [62,63].

3.1.4. Other Small Sources

Atmospheric MPs are also likely to come from the degradation of large plastics, such
as building materials and synthetic furniture; landfills; synthetic particles from gardening;
and industrial and other emissions-related activities. However, compared with the major
sources of MPs such as synthetic textiles, transportation, and dust, the actual contribution
of these sources to atmospheric MPs may be very small and remains in the stage of idea
and speculation, without the availability of data [32,33,38].

3.1.5. Gaps in and Prospective Research on the Sources of Atmospheric MPs

From the above series of articles, it is found that the current articles on the sources of
atmospheric MPs are mostly focused on synthetic textiles, transportation, dust deposition,
and resuscitation, while other sources are often ignored, and the contribution of these
sources to atmospheric MPs cannot be quantified. Detailed data on their pollution concen-
trations, types, and occurrence are scarce. In the analysis of the sources of atmospheric
MPs in many pieces of literature, the proportion of unknown sources in the experimental
results is relatively high, indicating that there is still a considerable part of atmospheric MP
sources that is unclear. In addition, many research methods to identify the origin remain
in the characterization and chemical composition analysis. To this end, we propose the
following for future research:

(1) Continue to optimize the methods and tools for atmospheric MP characterization and
component analysis and identification to more clearly identify the sources of MPs and
avoid unclear and inaccurate source identification caused by rough differentiation.

(2) Establish a pollution source localization method suitable for atmospheric MPs, which
can trace the source more accurately than characterization or component analysis.

3.2. Transportation and Fate of Atmospheric MPs
3.2.1. Migration

Under certain conditions, MPs in the air can migrate to other ecological environments
(soil, water, etc.). Their behavior, transportation, concentration, and deposition are affected
by various factors, such as vertical pollution concentration gradient (VPCG) [64,65], me-
teorological conditions (rainfall, precipitation, temperature, humidity, wind (occurrence,
velocity, duration, intensity, and direction), etc.) [39,42,43,66], population density, human
activities [32,39], urban topography, thermal cycling [51,64], local elevation, and geographi-
cal environment [39]. Some researchers have found that MPs travel long distances in the
air. For example, MPs are found in extremely remote areas and even in the snow and ice of
high-altitude glaciers. It is speculated that MPs cause cross-border and global pollution
through air and wind currents [27,28].

3.2.2. Inhalation

Since the MP concentration indoors is much higher than that outdoors, atmospheric
MPs enter the body through human inhalation [31]. Indoor air is an essential source
of human exposure to airborne MPs because people stay indoors for longer periods and
dispersing machines are less capable of removing plastic particles [49]. Factors affecting MP
behavior and transmission in indoor air are ventilation, airflow, and room spacing [67]. The
concentration of MP particles indoors is higher than that outdoors, which may be influenced
by textiles, furniture, building materials, and human activities [31]. Compared with MPs
in other environments, MPs indoors are more easily inhaled directly and continuously and
cause health risks [49,53].

One of the earliest criteria for determining airborne MPs is 0.3–1.5 particle/m3 out-
doors and 0.4–56.5 particles per cubic meter indoors (33% polymer) [31]. According to
statistics, each person inhales between 26 and 130 MP particles from the air per day [49].
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Based upon air samples taken from mannequins, men who exercise lightly can expect to
inhale 272 particles/day [44]. Estimates vary depending on sampling methods and space
use factors.

3.2.3. Gaps in and Prospective Research on the Destinations of Atmospheric MPs

Based on the above discussion, the studies on the fate of MPs in the atmosphere
are limited. So far, only limited studies have traced the atmospheric migration paths of
MPs; therefore, it is nearly impossible to quantify the various environmental factors and
human activities affecting the behavior and transmission of atmospheric MPs. Further, the
quantification and characterization of atmospheric MPs in different parts of the human
body and associated health impacts is challenging. To this end, we propose the following
for future research:

(1) Further explore the factors affecting the fate of atmospheric MPs and understand the
different destinations of MPs in the atmospheric environment under different conditions.

(2) Establish a spatial model and related software suitable for integrating the diffusion
and migration trajectories of atmospheric MPs and the pollutants adsorbed by them.

(3) Investigate the difference in the quantities and proportions of MPs absorbed by people
in different areas and under different conditions in the same area as well as body
burden and associated risks of atmospheric MPs.

4. Toxic Effects

After the body inhales MPs, they enter the lungs along the trachea, enter the blood
vessels through migration, and then spread through the circulatory system throughout the
body, causing various degrees of toxic effects on the cells, tissues, organs, and systems of
the body (Figure 2) [19,68–70].

 

Figure 2. Toxic effects of atmospheric microplastics on different organs and systems.

4.1. Inhalational-Based Toxicity

MPs and NPs in the air mainly enter animals and humans through inhalation and first
contact with the respiratory system. Due to the clearance mechanisms of the respiratory
barriers (such as the nasal cavity, trachea, the bronchus, and alveolar macrophages), a
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considerable proportion of these plastic particles cannot enter the body and form deposi-
tion, and the deposition coefficient is mainly affected by the particle size, density, etc. [49].
Smaller nanoparticles (<2.5 μm) can avoid the clearance mechanism and penetrate the
lung and respiratory barrier [19,68–70]. Macrophages can deposit plastic particles in the
respiratory system, remove these from the respiratory system, or help them migrate in
the respiratory system and allow them to enter the circulatory system, leading to dust
metastasis. Further, the presence of MPs and NPs in the respiratory system and their
large surface area can also lead to the release of chemokines that affect the migration of
macrophages, resulting in particle overload [68]. The influx and inflammation of neu-
trophils associated with polystyrene granules (64 nm) in rat lungs, as well as the expression
of pro-inflammatory genes in epithelial cells, are caused by granule-induced oxidation [71].
Due to the large specific surface area of MPs, a large number of oxidizing substances (such
as metals) will be adsorbed on the surface of MPs, which may produce excessive reac-
tive oxygen species and lead to excessive antioxidant reaction in vivo, namely oxidative
stress [72,73].

There are only a few pieces of research on the toxic effects of atmospheric MPs on
animals and humans. Inhalation of MPs has the most significant toxic effects on the respi-
ratory system. Studies have shown that PVC prepared by emulsion polymerization (2 mm)
has significant cytotoxic and hemolytic effects on rat and human lung cells in vitro [74].
Xu et al. 2002 [74] evaluated the toxic effects of PS-NPs on human alveolar epithelial
cells and found that PS-NPs can rapidly internalize into cells; significantly reduce cell
viability; affect cell cycle and apoptosis, as well as related gene transcription and protein
expression; and promote inflammatory response. The smaller the diameter, the faster the
corresponding velocity. Lim et al., using metabonomics to investigate the toxic effects of
PS-NPs on bronchial epithelial cells, found that nanoparticles interfere with cell energy
metabolism, accompanied by oxidative stress, and mediate the increase of intermediate
metabolites to reduce cell resistance to toxicity [75]. Dong et al. found that PS-MPs can
induce cytotoxicity and inflammation in human lung epithelium by inducing reactive
oxygen species formation. Low concentrations of PS-MPs disrupt the lung barrier, while
high concentrations of PS-MPs also induce decreased levels of α 1-antitrypsin, which in-
creases the risk of chronic obstructive pulmonary disease [76]. Paget et al. explored particle
internalization and cell damage after aminated PS-NPs acted on human lung epithelial cells
and macrophages. Cells in the experimental group showed high glutathione depletion,
excessive reactive oxygen species, and significant DNA damage. It is suggested that micro-
and nanoplastics may exhibit strong genotoxicity when absorbed and internalized by the
respiratory system [77]. In in vitro experiments, seven functional groups with different
charges were added to an aminated PS-NPs and eight PS-NPs, including the original
particles, were sent into different rats by pharyngeal aspiration. Most of the particles were
phagocytized by alveolar macrophages and showed different acute lung inflammation.
The particle potential showed excellent correlation with pneumonia-related parameters,
indicating that surface charge is a key factor affecting lung inflammation induced by micro-
and nanoplastics [78].

Respiratory lesions have been found in workers exposed to synthetic textiles, fusing,
vinyl chloride, or PVC, which is quite different from the general population [79–83]. Inhaled
MPs and NPs are not easily cleared by the human lungs, and they may stay in the lungs
for a considerable period, which can cause an inflammatory response in the lungs [53]. It is
reported that artificial glass fiber can cause DNA damage, which can induce cancer [84]. In
short, Inhaling MPs can have toxic effects on animals and humans.

4.2. Other Toxic Effects

The inhaled MPs can also have negative effects on other systems of the body, such as
diffusion or translocation. In vivo experiments have confirmed that microplastic particles
can enter the circulatory system through the migration of macrophages after inhalation [68].
MPs in the circulation system may cause inflammation, vascular occlusion [85], and other
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blood toxicity [86]. In vitro experiments showed that polystyrene nanoparticles cause
red blood cell (RBC) aggregation, while polypropylene particles increase hemolysis [87].
Inhaled MPs may enter the gastrointestinal tract by clearing upper respiratory tract cilia [53].
MPs entering the digestive system may alter the permeability of intestinal epithelial cells
and cause changes in microbial composition [88]. Recent reports have found that after
maternal lung exposure to NPs, the plastics can enter the placenta and the fetus through
translocation and get deposited in the fetal liver, kidney, nervous system, and circulatory
system. [21]. There is little research on the toxic effects of atmospheric MPs on systems
other than the respiratory system, and more research must be done to explore their effects
on animals and humans.

4.3. Joint Toxic Effects

MPs usually contain various additives, e.g., catalysts (organotin), flame retardants,
polybrominated diphenyl ethers [89], antioxidants (nonylphenol), antibacterial agents
(triclosan), and plasticizers (phthalate PAEs) [90]). All of them are harmful to animals
and humans. In addition, MPs adsorb many inorganic pollutants in the environment, e.g.,
Au [16] and Cu [91], and organic pollutants, e.g., polycyclic aromatic hydrocarbons [18]
and polychlorinated biphenyls [92]. These pollutants are mutagenic and carcinogenic sub-
stances that are widely present in the environment. In addition, many plastic monomers
themselves (polystyrene (PS), polyvinyl chloride (PVC), etc.) have mutagenic and car-
cinogenic toxic effects on animals and humans [93]. Exposure of animals and humans
to additives or adsorbents in these plastic particles results in combined toxicity (Table 2).
MPs in the atmosphere are most likely to combine with other pollutants in atmospheric
environments (such as POPs and Cu) and serve as carriers for the long-distance transport
of these pollutants in the atmosphere [53]. Some articles have studied the negative effects
of MPs combined with these pollutants on animals and the human body, such as a series
of oxidative stress [16], inflammatory reaction [91], and metabolic disorders [18]. There
is a risk of mutation and carcinogenesis [94]. Most of these studies have involved oral
ingestion or in vitro studies. However, there are few studies on the toxicity mechanism of
these binding substances after they enter animals and humans through inhalation, and
more experimental data are needed.

Table 2. Toxic effects of chemicals in microplastics or nanoplastics on animals.

Classification Chemicals Affected Species Resulting Toxicity Reference

Ingredient

C6H6 Human Mutagenic risk [94]

C6H5OH Human Mutagenic risk [94]

BD Human Cancer risk [94]

VCM Human Cancer risk [94]

Adsorption

Au Danio rerio
Embryo:
1© Oxidative stress
2© Inflammation

[16]

CBz Mytilus galloprovincialis
Larva:
Excessive oxidation of digestive
glands

[95]

Cu Danio rerio Inflammation [91]

PAHs Danio rerio Metabolic disorders [18]

PCBs Human Neurotoxicity [92]

Dyestuff Pyrene Mytilus galloprovincialis

1© Immune responses
2© Lysosomal compartment

dysfunction
3© Peroxisome dysfunction
4© Antioxidant system disruption
5© Neurotoxic effects

[96]
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Table 2. Cont.

Classification Chemicals Affected Species Resulting Toxicity Reference

Flame retardants PBDEs Human

1© Thyroid homeostasis disruption
2© Neurotoxicity
3© Reproductive changes
4© Cancer risk

[89]

Paint coat TiO2 Caenorhabditis elegan Oxidative stress [97]

Plasticizer

BPA

Danio rerio Neurotoxicity [98]

Rat Estrogen disorder [99]

Human

1© Enzyme abnormality and
damage of the liver
2© Pancreatic cell dysfunction
3© Thyroid hormone disorder
4© Promotion of obesity
5© Cardiovascular disease
6© Low insulin levels

[99]

DEHP, MEHP Rat Inhibition of estrogen levels [90]

PAEs Human

1© Increased risk of cardiovascular
disease
2© Reproductive system

disruption

[90]

BD: butadiene; VCM: vinyl chloride monomer; CBz: carbamazepine; PAHs: polycyclic aromatic hydrocarbons; PCBs: polychlorinated
biphenyls; PBDEs: polybrominated diphenyl ethers; BPA: bisphenol A; DEHP: dioctyl phthalate; MEHP: mono(2-ethylhexyl) phthalate;
PAEs: phthalic acid esters.

4.4. Gaps in and Prospective Research on the Toxic Effects of Atmospheric MPs on Animals
and Humans

In conclusion, studies on the quantitative analysis and toxicity mechanism of atmo-
spheric MPs inhaled by animals or humans are scarce and these aspects need to be further
studied. To this end, we propose the following for future research:

(1) In vivo experiments should be conducted to explore the different negative effects of
MPs or NPs with different physical or chemical properties (such as different types,
sizes, occurrences, crystallinity, and surface charge) on animal and human health after
inhalation. An animal model should be established to study the movement trajectory
and deposition proportion of and harmful substances released by atmospheric MPs
in the body.

(2) To better understand the harmful additive impact of atmospheric MPs adsorbed with
other pollutants as a pollutant internalization carrier, more research into the toxic
additive effect of the two is required.

5. Existing Analytical Methods and Gaps in Measuring Atmospheric MPs

There are two main sampling methods for atmospheric MPs commonly used. One
way is to collect the passive fallout from the atmosphere and filter it. The depositions in
the atmosphere are collected through a non-plastic funnel (such as stainless steel or glass)
the pipe of which drops into a glass collection bottle below. MPs can then be easily filtered
out of the sediment [32,33,42,43]. Another method is active pump sampling and filtration,
mainly through a set of pumping and filtration system, in which air is collected through
the pump unit and then filtered through the filter to retain the plastic particles [31,38,40].
After the sample is collected, different efficient quantitative analysis methods can be used
to analyze the types and sizes of particles (Table 3).
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Although a set of primary collection and analysis methods has been established,
there are still many limitations and deficiencies. The above methods can only identify
some common types of plastic particles at the ground level or near the ground level [27].
Moreover, it is difficult to accurately identify the size of the nanoplastics or the types
of particles adsorbed by organic matter on their surfaces [101,103,104]. To this end, we
propose the following for future research:

(1) To further develop and research some efficient methods and instruments. On the
one hand, a great number of MPs should be sampled and accurately identified in a
short period. On the other hand, we should be able to further identify more types of
plastics and plastics of smaller sizes through microfiltration and various pollutants
adsorbed on them.

(2) To develop a set of uniform standard methods for sampling and identification. For this,
scientific data generated in different regions for atmospheric MPs should be compared.

6. Conclusions

MPs have been well studied in marine and freshwater environments, but MPs in the
atmosphere have received little attention from researchers and society. Microplastics in
the atmosphere enter the body mainly through inhalation and further systemic exposure,
causing toxic reactions and disorders in various organs and systems and even posing a
potential risk of cancer to animals and humans.

Due to the lack of practical methods for detection and analysis, we are still unable
to gain a more detailed understanding of the global distribution, sources, and fate of
atmospheric MPs, let alone further elucidate the mechanisms of toxic action of atmospheric
MPs on animals and humans. We suggest that the scientific community conduct in-depth
research on atmospheric MPs in the future, especially to explore relevant sampling and
detection methods and establish a common industry standard. Further quantitative analysis
of atmospheric MPs of different types and properties will be conducted to explore the
toxicity mechanism and additive effect of their combination with other pollutants through
in vivo experiments.
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Abstract: Plastics have enormous impacts to every aspect of daily life including technology, medicine
and treatments, and domestic appliances. Most of the used plastics are thrown away by consumers
after a single use, which has become a huge environmental problem as they will end up in landfill,
oceans and other waterways. These plastics are discarded in vast numbers each day, and the breaking
down of the plastics from micro- to nano-sizes has led to worries about how toxic these plastics are
to the environment and humans. While, there are several earlier studies reported the effects of micro-
and nano-plastics have on the environment, there is scant research into their impact on the human
body at subcellular or molecular levels. In particular, the potential of how nano-plastics move through
the gut, lungs and skin epithelia in causing systemic exposure has not been examined thoroughly.
This review explores thoroughly on how nanoplastics are created, how they behave/breakdown
within the environment, levels of toxicity and pollution of these nanoplastics, and the possible health
impacts on humans, as well as suggestions for additional research. This paper aims to inspire future
studies into core elements of micro- and nano-plastics, the biological reactions caused by their specific
and unusual qualities.

Keywords: nanoplastics; nanotoxicity; nanomaterials; toxicology; plastics; health impacts; environ-
mental impacts; pollution

1. Introduction

Worldwide, plastic use is growing year by year, with current figures showing plastic
production exceeding 368 million tons in 2019 [1]. Furthermore, the waste produced is not
disposed in the correct way. As plastic pervades every aspect of life and then breaks down
into smaller particles, the possible impacts of micro- and nano-plastics on the human body
and the environment are of global concerns [2].

Plastics are made of natural materials that have undergone several chemical processes
and physical reactions. The main processes used are polymerization and polycondensation,
during which the core elements are fundamentally transformed into polymer chains [3].
This process is rarely reversible; the plastics must go through more chemical processes
in order to be recycled into new types of plastics [4]. The use of industrial additives,
such as pigments, plasticizers and stabilizers, allows plastics to be engineered to various
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application requirements [5]. Due to the chemical stability of the conventional plastics,
environmental accumulation is on the rise.

Once disposed of, plastic waste is exposed to biological, chemical and environmental
elements, and will break down into huge amounts of microplastics (measuring < 5 mm)
and nanoplastics (<0.1 μm) [6–9]. Previous studies into plastic waste have looked at the
effect of microplastics on the environment, and this has been widely discussed in both
the scientific community and the media, including appeals for institutional policies to
implement hazardous classifications of the harmful plastics [10]. However, there is very
little research into the quantities, varieties and toxicity of nanoplastics and the impacts on
human health. A solitary microplastic particle will break down into billions of nanoplastic
particles suggesting that nanoplastic pollution will be prevalent across the globe [11–13].
It is probable that nanoplastics are more damaging than microplastics as they are small
enough to permeate through biological membranes. Despite of this, the potential human
health effects of nanoplastic exposure remains under-studied.

Hence, this review aims to explore thoroughly on how nanoplastics are created,
how they behave/breakdown within the environment, levels of toxicity and pollution of
these nanoplastics, and the possible health impacts on humans, as well as suggestions for
additional research.

2. Sources and Fate of Microplastics and Nanoplastics in the Environment

Over 80% of microplastics are produced on land, with less than 20% originating from
the sea. As microplastics are uniquely light, indestructible and able to float, they can travel
far across the globe [14,15]. The majority of plastics that polluting the marine environment
originate from terrestrial sources, fishing and other aquaculture activities, and from coastal
tourism [14,16,17]; indeed, it is estimated that over 800 million tons of plastics in the sea
originated from land [18]. As micro- and nanoplastics are incredibly small, wastewater
treatment processes are not able to filter them out and, therefore, such plastic particles will
be introduced into the rivers and oceans, as well as the fresh water supply system [19].
Furthermore, micro- and nanoplastics are present in soil and, through natural erosion,
they will also get into rivers and oceans in this way [20]. Figures from the United Nations
Environment Program show that 275 million tons of plastic waste were produced in 2010
with an estimated 4.8–12.7 million tons leaching way into the water systems [21].

Micro- and nanoplastics are generated from both primary and secondary sources
(Figure 1) [22]. Primary sources are those that deliberately created micro- and nanoplastics
for consumer and industrial uses, such as exfoliants in cleansers, cosmetics, as drug
delivery particles in medicines, and industrial air blasting [15]. Macroplastic products that
disintegrate into micron-sized and smaller particles are the secondary source of micro- and
nanoplastics; they occur both terrestrially and in the aquatic environment [15].

Plastics can break down into micro- and nanoplastics in various ways which can be
defined as either via biodegradation or non-biodegradation process (Figure 1). Processes
such as thermal degradation, physical degradation, photodegradation, thermo-oxidative
degradation, and hydrolysis are all examples of non-biodegradation [23–26]. Thermal, or
heat degradation is a non-natural, commercial process whilst physical degradation, through
weathering, causes larger plastics to be fragmented into smaller pieces. On the other hand,
hydrolysis and photodegradation are naturally occurring chemical processes which use
water molecules, and UV-visible light, respectively, to break down the chemical bonds in
plastics, converting them into monomeric forms. Plastic non-biodegradation processes
decompose polymeric structures, altering their mechanical properties, and increasing their
specific surface area, resulting in enhanced physical-chemical reactions and interactions
with microorganisms [27].
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Figure 1. Sources and fate of micro- and nanoplastics in the environment. Micro- and nanoplastics are generated from
primary and secondary sources through consumers and industries. Macroplastic products that disintegrate into micron-
sized can break down into nanoplastics via biodegradation or non-biodegradation process. Both micro- and nanoplastics
can occur in both aquatic and terrestrial environment, and eventually enter the food chain and water supplies, leading to
the uptake and bioaccumulation of these plastic particles in the human body.

Environmental bacteria and other microorganisms can also mediate the biodegrada-
tion process of plastics [28]. Extracellular enzymes produced by these living organisms
have the ability to break down the chemical bonds within plastics [29]. Smaller plastic
particles, with altered molecular structures are created in this process, eventually resulting
in nano-sized plastics; a single gram of macroplastic can yield billions of nanoplastic parti-
cles with greatly increased surface area. As there is a vast quantity of plastic entering the
oceans daily, it is clear that these nanoplastics must be present in enormous quantities in
the marine environment.

In addition, plastic waste fragmentation is thought to occur faster on the coast than in
the oceans. One of the primary methods of degradation of plastic is oxidation triggered
by solar UV irradiation. This process speeds up on the coast when plastic is more directly
exposed to UV radiation and higher temperatures than when it is in the oceans [30].
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Further, plastic degradation is quickened in the presence of salt at these coastal areas [31].
In comparison to terrestrial ecosystems, high saline content, along with naturally occurring
microorganisms in marine areas, will cause plastics to break down at a faster rate [20].

3. Occurrence of Microplastics and Nanoplastics in the Food Chain

As plastic waste increases, the presence of micro- and nanoplastics in the food chain
creates a risk to human health [22,32,33]. Due to their wide bioavailability and ubiquity
in both aquatic and terrestrial areas, it is highly probable that micro- and nanoplastics are
present in many food products.

Several studies have shown that micro- and nanoplastics enter into the human
food chain in various ways: Animals consuming them in their natural environment [34];
contamination during the food production processes [35]; and/or through leaching
from plastic packaging of the food and drinks [36]. To date, micro- and nanoplas-
tic fragments have been detected in honey, beer, salt, sugar, fish, shrimps and bi-
valves [37–42]. Experimental sampling using Fourier-transform infrared spectroscopy
(FTIR) performed on tap, bottled and spring waters showed that microplastics are
present in all these water sources. Tap water from 159 global sources was tested
and 81% were found to contain microplastic particles measuring less than 5 mm [43].
Tests were conducted on 259 individual bottles of water from 11 different brands and
27 different batches, and the results demonstrated that 93% contained microplastic
particles [36]. Statistics show the following average levels of microplastic pollution
in food: seafood = 1.48 particles/g, sugar = 0.44 particles/g, honey = 0.10 particles/g,
salt = 0.11 particles/g, alcohol = 32.27 particles/L, bottled water = 94.37 particles/L,
tap water = 4.23 particles/L, and air = 9.80 particles/m3 [9,44]. From these figures, it is
possible to extrapolate that the average human is consuming around 39,000 to 52,000
microplastic particles per year, with age and gender impacting the total amount. If
inhalation of plastic particles is included in the figures, then the amounts rise to between
74,000 and 121,000 particles per year. Further, an individual who only ingest bottled
water is potentially consuming an extra 90,000 particles in comparison to people who
only drink tap water, who will ingest only 4000 extra particles [44]. These results indi-
cate that the human food chain is, indeed, a major source of microplastic consumption
by humans.

There are currently no data regarding the presence of nanoplastics in food as the
analytical tools are not yet available [9,45]. It appears clear, though, that nanoplastics will
occur in the food chain due to the degradation of microplastic waste [25,45]. Scientific tests
on polystyrene drinking cup lids showed that nanoplastics were formed over time as the
material broke down [28]. There is also evidence to suggest that microbial degradation
will occur in oceans due to the presence of hydrocarbon-degrading microorganisms that
have been shown to flourish on plastic waste, forming a “plastisphere” ecosystem [26]. The
huge scale of plastic waste dispersal in the oceans indicates that microplastics will continue
to degrade once they enter the sea, forming more nanoplastic particles [46]. There are also
a number of products that use commercially manufactured nanoplastics, and these will
also become plastic waste in the seas and on land, and eventually find their way into the
food supply chain [9,45].

4. Uptake and Bioaccumulation of Microplastics and Nanoplastics in the Human Body

There are three key routes for microplastics and nanoplastics to end up in the human
body: Inhalation, ingestion and skin contact (Figure 2) [47,48]. Inhaled airborne microplas-
tics originate from urban dust, and include synthetic textiles and rubber tyres [49]. As
discussed above, microplastics will be ingested as they are prevalent in the food chain and
water supplies [50]. While, the skin membrane was too fine for microplastics or nanoplas-
tics to pass through, it is possible for them to enter through wounds, sweat glands or hair
follicles [51]. Although all three routes contribute to the total amount of microplastics and
nanoplastics present in the human body, it is the particles in seafood and the environment
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that constitute the greatest risk of absolute exposure. This is due to long-term weathering
of polymers, leaching of polymer chemical additives, residual monomers, exposure to
pollutants and pathogenic microorganisms all being active in these environments [52–56].

 

Figure 2. Routes of plastic particles entry into human body. There are three key routes for micro-
and nanoplastics entry into the human body: Inhalation, ingestion and skin contact. Nanoplastics
may interact with proteins, lipids, carbohydrates, nucleic acids, ions, and water in human body,
leading to the formation of coronated nanoplastic particles for absorption. The plastic particles can
enter human body through ingestion of contaminated food and water supplies, or inhalation of the
airborne plastic particles that originate from synthetic textiles and polluted outdoor air. While, the
skin membrane is too fine for these plastic particles to pass through, nanoplastics may penetrate
through wound and weakened skin barrier, directly or indirectly.

4.1. Gastric Exposure

Recent studies into microplastics and nanoplastics exposure and toxicity have indi-
cated that the most significant way humans consume plastic particles is via ingestion [57].
While, there are no studies looking specifically at nanoplastic toxicity in humans, there is
research showing that microplastics are being ingested through food and drink [36]. The
initial analysis of human stool samples showed that plastic particles were being excreted,
which supports the theory that humans are ingesting these particles via food and water.
These results, along with research into ingestion uptake in environmental models, clearly
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show that humans will be regularly consuming microplastics and nanoplastics [58]. How-
ever, no studies have yet investigated what happens to the micro- and nanoplastic particles
once they enter the gastrointestinal (GI) tract. It would be pertinent to examine their route
through the GI tract and whether particles remain in the gut lumen, or they translocate
across the gut epithelia.

It is unlikely that microplastics are able to permeate at a paracellular level as the rele-
vant pores at the tight junction channels have a maximum functional size of approximately
1.5 nm [59]. It is more likely that they enter through lymphatic tissue, and it is particularly
possible that they enter via phagocytosis or endocytosis and infiltrate the microfold (M)
cells in the Peyer’s patches [45]. Following intraperitoneal injections in mice, the peritoneal
macrophages were seen to phagocytose 1, 5 and 12 μm polymethacrylate and polystyrene
particles [60,61]. Nevertheless, the results indicate that absorption via intestinal tracts in
rodent models is low at 0.04–0.3% [61].

The potential of nanoplastics to permeate the gut epithelium, leading to systemic
exposure in humans, is a significant issue. Historically, studies have used polystyrene
nanoparticles for in vivo and in vitro tests on a variety of animals. The probable oral
bioavailability level of 50 nm polystyrene nanoparticles is ten to one hundred times greater
than the level of microplastics (2–7%) [62,63]. Similar to the results seen with microplastics,
there is no straightforward correlation between the absorption, size and structure of
nanoplastics [62]. Previous research has shown that the absorption rates of nanoparticles
(50–500 nm) vary greatly across different in vitro intestinal models, with figures of 1.5–10%
according to the size and chemical structure of the nanoparticles as well as the type of
in vitro model used [62,64,65].

The lumen of the GI tract presents a challenge when researching nanoplastic absorp-
tion rates. Once consumed, nanoparticles undergo transformation, and this will impact
absorption ability and rates. There are several molecules within the GI tract that nanopar-
ticles may interact with, such as proteins, lipids, carbohydrates, nucleic acids, ions, and
water [9]. This then leads to the nanoparticles being encompassed by a collection of proteins
known as a ‘corona’ [66]. Polystyrene nanoparticles may develop into varying forms of
complex coronas, according to the conditions they are in [67]. Studies have shown that
protein corona changes within an in vitro model representing human digestion, and this
leads to greater translocation of nanoparticles [62]. Furthermore, organic matters found in
bodies of water will adhere to the surface of nanoparticles; a recent review has examined
how dispersed organic materials react with metal (oxide) nanoparticles and determined
that these interactions have a significant impact on agglomeration and deposition [68].

It is worth noting that most of the reported studies were based on experiments
using polystyrene nanoparticle models, and excluded samples gathered from marine and
terrestrial environments. Other plastics such as polypropylene (PP), polyethylene (PE), and
polyethylene terephthalate (PET) are, however, the main polymeric materials present in
these environments. Thus, it is critical to qualify any extrapolations made from the findings
of the research discussed above, which relies solely on polystyrene. Instead, new model
studies should include experiments with PP, PE and PET.

4.2. Pulmonary Exposure

The second most likely method of human exposure to nanoplastics is through in-
halation. Indoor environments contain airborne plastic particles, primarily from synthetic
textiles, leading to unintended inhalation or occupational exposure [69]. In outdoor envi-
ronments, exposure could happen through breathing in contaminated aerosols from ocean
waves or airborne fertilizer particles from dried wastewater treatments [57]. The alveolar
surface area of the lungs is vast, being approximately 150 m2 and has an incredibly fine
tissue barrier measuring less than 1 μm. This barrier is thin enough for nanoparticles to
permeate through it and into the capillary blood system, thus, meaning that nanoparticles
can disperse through the entire human body [57].
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There are several negative health concerns resulting from the absorption of plastic
particles, particularly micro- and nanoplastics, such as particle toxicity, chemical toxicity,
and the introduction of pathogens and parasite vectors [70,71]. Particles within this range
of sizes can potentially be embedded deep into the lung and then stay on the alveolar
surface or translocate to other parts of the body [69,72]. The absorption of plastic particles
through inhalation could lead to lung damage. There are a number of factors that affect
absorption and expel micro- and nanoplastics in the lungs, such as hydrophobicity, surface
charge, surface functionalization, surrounding protein coronas, and particle size [73]. In
addition, research into absorption rates in animals indicate a positive correlation between
occupational exposures and higher rates of pulmonary inflammation and cancer [49].
Research looking at absorption rates of polystyrene particles in alveolar epithelial cells,
in vitro, suggests that absorption varies according to the size of the plastic particles [74–77].

Recent studies into the human inhalation of plastic particles have indicated that at-
mospheric fallout in urban areas is a significant cause of the particles [78]. The major
constituent atmospheric fallout of microplastics from both urban and suburban areas of
Paris was found to be synthetic fibre particles, where 29% of those fibres contained petro-
chemicals. By considering the average atmospheric flux of total fibres, the fibre dimensions
and fibre densities, an estimated 3–10 tons of microplastics are deposited annually as a
result from atmospheric fallout. Urban areas recorded double the average atmospheric flux,
compared with suburban areas, with rainfall having a demonstrable impact on the observed
depositions [78]. Dris et al. also examined the levels of microplastic particles in indoor and
outdoor air at two private apartments and one office. The results showed a concentration
of between 1 and 60 fibres/m3 in the indoor samples. These readings were considerably
greater than the outdoor samples which had levels of between 0.3 and 1.5 fibres/m3.
Approximately one-third of the indoor samples were of petrochemical origins, with the
majority composed of polypropylene, while the rest were cellulose [79]. To date, there is no
information regarding the amount or concentration of airborne nanoplastics.

4.3. Dermal Exposure

Health and beauty products are another key source of nanoplastics, particularly in
the body and facial scrubs that are used topically on the skin [11]. Nanocarriers for drug
delivery via dermal application is another important exposure route. Although there are
no conclusive data showing the effects of nanocarriers, small particle size and stressed skin
conditions are critical factors to skin penetration [51]. There is no current research that has
specifically looked at the ability of nanoplastics to penetrate the surface of the skin. Only
one study reported the likelihood of engineered nanoparticles from textiles in permeating
the skin barrier at very minute quantity [80].

The skin is protected by the stratum corneum, the outermost layer, which forms a
barrier against injuries, chemicals and microbial agents. The stratum corneum consists of
corneocytes that are surrounded by lamellae of hydrophilic lipids including ceramide, long-
chain free fatty acids and cholesterol [81]. Plastic particles may be introduced on the skin
through health and beauty products, or through contact with nanoplastic-contaminated
water. As micro- and nanoplastics are hydrophobic, it is predicted that absorption through
the stratum corneum through contaminated water is unlikely, though plastic particles
could enter the body via sweat glands, skin wounds or hair follicles [51].

Alvarez-Roman et al. looked at how plastic particles enter the body and how they are
then distributed throughout the skin tissue. They used fluorescent polystyrene particles
between 20 and 200 nm in diameter and skin tissue from a pig to conduct their experi-
ment [82]. A confocal laser scanning micrograph of the skin revealed that a greater number
of 20 nm polystyrene nanoplastics concentrated in the hair follicles than those of 200 nm
nanoplastics. However, neither particles were able to permeate the stratum corneum in
order to embed themselves into the deeper skin tissue. Campbell et al. supported these
findings and established that polystyrene particles with diameters of 20–200 nm can in-
filtrate only the top layers of the skin at a depth of 2–3 μm [83]. Vogt et al. were able to

155



Nanomaterials 2021, 11, 496

distinguish 40 nm-diameter fluorescent polystyrene nanoparticles in the perifollicular tis-
sue of skin explants that had been treated with cyanoacrylate follicular stripping. This work
ascertained that when particles were applied transcutaneously, they were then absorbed
by the Langerhans cells [84].

The mechanical production method used to manufacture the microbeads of the health
and beauty products, including facial and body scrubs, increases the likelihood of the
breakdown of microbeads into even more harmful nanoplastics. Hernandez et al. investi-
gated the amount of nanoplastics present in facial scrubs containing 200 μm polyethene
microbeads. The results from scanning electron microscopy confirmed that nanoparticles
were observed at sizes between 24 ± 6 nm and 52 ± 14 nm. Then, they examined the chem-
ical composition of these nanoparticles by using X-ray photoelectron spectroscopy and
Fourier transform infrared spectroscopy and established that they consisted of polyethy-
lene [11].

Data from these previous studies can be used to determine the likelihood of nanoplas-
tics penetrating the stratum corneum. Exposure to UV rays causes skin damage, which
means that the skin barrier becomes weaker [85]. A study on the effects of UV irradiation
on murine skin found an increase in the skin permeation by carboxylated quantum dots.
The intercellular adhesion in the irradiated skin was compromised by the perturbed expres-
sion of tight-junction-related proteins: Zonula occludens-1, claudin-1, and occludin [86].
There are a number of compounds, e.g., short chain- and long chain-alcohols, cyclic amides,
esters, fatty acids, glycols, pyrrolidones, sulphoxides, surfactants and terpenes, that are
used to enhance the chemical permeation of drugs and formulations through the skin
barrier [87]. Widely used ingredients in body lotions, such as urea, glycerol and α-hydroxyl
acids also enhanced the ability of nanoparticles to permeate the skin barrier [88].

Kuo et al. highlighted how oleic acid, ethanol and oleic acid-ethanol enhancers impact
the transdermal delivery of 10 nm zinc oxide nanoparticles. They determined that each
chemical had the potential to improve the effectiveness of zinc oxide nanoparticles in pene-
trating the skin barrier, through the multilamellar lipid regions between corneocytes [89].
Through crystalline structure analysis of various compositions of lipid lamellae in stratum
corneum samples taken from human and porcine sources, Bouwstra et al. presented a
three-layer “sandwich model”, which likely prevents large nanoparticles from permeating
undamaged skin [81].

To summarize, both in vitro and in vivo studies, discussed above, have established
that micro- and nanoplastics can be absorbed into the human body through the skin
barrier. That being said, these studies all rely on polystyrene particle models. Further
studies conducted with samples collected from the environment would be helpful to fully
understand the permeation qualities of micro- and nanoplastics. Such samples would
include a variety of plastic particles with wide-ranging characteristics.

5. Cellular Uptake and Intracellular Fate of Microplastic and Nanoplastic Particles

After permeating into the stratum corneum and absorbed into the human body,
microplastics and nanoplastics are then able to interact with numerous target cells. The
quantity of nanoparticles that are absorbed and subsequently react with cells depends
on a number of factors, such as their size, surface chemistry or charge of the biological
elements they encounter, including proteins, phospholipids and carbohydrates [90]. As
nanoparticles absorb proteins from the human body, they create ‘protein coronas’ around
themselves [91]. This means that nanoparticles that interact with organs or skin cells will
usually already be surrounded with protein corona as opposed to an exposed nanoparticle.
The protein coating will lead to modified characteristics of the nanoparticle. Previous
in vitro experiments have determined that protein coronas will surround polystyrene
nanoparticles and that this enables the nanoparticles to translocate at greater rates [62].
These studies also showed that the protein coronas would alter their form according
to their environment [67] and that there were more occurences of cell interactions and
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increased toxicity [92]. Finally, it was shown that protein coronas around the polystyrene
nanoparticles led to them being accumulated in the gut.

Microplastics and nanoplastics can be absorbed by cells via a number of routes [93].
The primary route is via endocytotic nanoparticle uptake where adhesive interaction of
nanoparticles (or inactive permeation of the cell membrane) with channel- or transport-
protein occurs. Several endocytotic pathways have been identified, such as phagocy-
tosis and macropinocytosis, along with clathrin- and caveolae-mediated endocytosis
(Figure 3) [94–96].

 

Figure 3. Routes of cellular uptake of plastic particles. Phagocytosis, macropinocytosis, clathrin- and caveolae-mediated
endocytosis are the common endocytotic pathways that have been identified for cellular uptake of plastic particles. Micro-
and nanoplastics can be absorbed by cells through different routes, of which endocytotic nanoparticle uptake is the
primary route where adhesive interaction of nanoparticles (or inactive permeation of the cell membrane) with channel- or
transport-protein occurs.

The initial barrier to nanoparticle incursion into the skin is the outer cell membrane.
Coarse-grained molecular simulations of polystyrene (PS) particles in interacting with
biological membranes revealed that polystyrene nanoparticles effortlessly penetrated the
lipid bilayer membranes, causing changes to the structure of the cell membrane, ultimately
disrupting the cell function [97]. Uptake inhibition studies on the absorption rate of
44 nm polystyrene particles to human colon fibroblasts and bovine oviductal epithelial
cells indicated that polystyrene nanoparticles were primarily absorbed through a clathrin-
independent uptake mechanism [98].

The cellular absorption of carboxylated polystyrene nanoparticles of 40 nm and 200 nm
was studied using several tumor cell lines, including human cervical HeLa cells, human
glial astrocytoma 1321N1, and adenocarcinomic human alveolar basal epithelial A549 in the
presence of various transport inhibitors [99]. The results indicated that the nanoparticles
were always absorbed by cells through an active and energy-dependent method, suggesting
that the nanoparticle uptake for different cell types utilized different pathways. Actin
depolymerization significantly influenced the nanoparticle uptake in HeLa and 1321N1 cell
lines, while clathrin-mediated endocytosis of the nanoparticles in 1321N1 was significantly
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reduced by the inhibitor chlorpromazine. Nanoparticle uptake in A549 cell line via caveolae-
mediated endocytosis was notably diminished due to disruption of microtubule formation
by the inhibitor genistein [99].

The routes of nanoparticle absorption in human cells are dependent on the size and
surface chemistry of the particles, but also vary according to the type of cell penetrated. This
is seen when 120 nm polystyrene nanoparticles altered with amidine groups were seen to
permeate rat alveolar epithelial monolayers using non-endocytic pathways, whilst MDCK-
II cells use energy-dependent processes to absorb nanoparticles [76,100]. Macrophages and
epithelial cells were found to use various combinations of endocytotic uptake mechanisms
to absorb 40 nm carboxylated polystyrene nanoparticles.

Using several endocytotic pathway inhibitors, J774A.1 macrophages were shown to
absorb nanoplastics via macropinocytosis, phagocytosis, and clathrin-mediated endocyto-
sis pathways, whilst absorption in A549 cells relied on caveolae- and clathrin-mediated
endocytosis pathways [101]. If nanoplastic particles are entering the human body via
non-vesicular pathways, then they may be able to interact with intracellular molecules or
discharge persistent organic pollutants (POPs) straight into the cytoplasm. This, in turn,
implies that POPs may be stored in human cells which could have a negative toxicological
impact [102].

Plastic particles enter cells via the intracellular endocytotic pathway engaging with
early and late endosomes before combining with lysosomes. Polystyrene nanoparticles
have been reported to accumulate in the lysosome [103], including the observance of
intracellular localization of 40–50 nm polystyrene nanoparticles in A549 cells [77]. No
lysosomal leakage or any fragmentation of the nanoparticles were reported when acidic
conditions were applied [104].

A comparison of two types of nanoparticles made of polystyrene and mesoporous
silica demonstrated clear differences in cellular uptake mechanisms in ovarian cancer cells.
Data gathered demonstrated that ovarian cancer cells absorbed both types of nanoparticles
with different endocytotic pathways [105]. Caveola-mediated endocytosis was the pathway
used by mesoporous silica particles to permeate the cells and these then, according to
the size of the particle, either remained in the lysosome (50 nm) or translocated into
the cytoplasm (10 nm). On the other hand, polystyrene nanoparticles were absorbed
through a caveola-independent pathway. Localized amine-modified 50 nm polystyrene
particles showed toxicity to the lysosome after 4–8 h, whereas 30 nm carboxyl-modified
polystyrene particles showed no signs of toxicity and did not enter cells via the standard
acidic endocytotic route.

Previous research has also determined that cytotoxicity is greater with a positive
surface charge and this also leads to increased absorption of nanoparticles via non-specific
binding, where they end up on the negatively charged sugar moieties on cell surfaces. In
contrast, the repellent interactions of negatively charged particles will impede endocyto-
sis [103,106]. Studies have determined that there are several cellular absorption pathways
and intracellular localization of polystyrene nanoparticles depending on their physico-
chemical characteristics. Despite this, there is little quantitative data concerning how
nanoplastics enter cells and their eventual fates.

The size of plastic particles also affects their interaction with human cells [107]. Due
to their high specific surface areas, the nanoparticle-cell interaction is vastly different
compared to larger particles. Furthermore, the charge of the particle can also affect its
interaction with the cell and its structure [107]. Since most of the in vitro studies described
here have used polystyrene particles, it is difficult to extrapolate the results to other kinds of
plastic particles. It is important that future research looks at cellular uptake and behaviours
of other types of plastic particles.
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6. Potential Toxic Effects of Microplastics and Nanoplastics on Human Health

Several in vitro and in vivo studies have shown that micro- and nanoplastics were able
to cause serious impacts on the human body, including physical stress and damage, apop-
tosis, necrosis, inflammation, oxidative stress and immune responses (Table 1) [108–111].

6.1. Inflammation

An in vitro study using various sizes of polystyrene particles found that larger par-
ticles (202 nm and 535 nm) produced inflammatory effects on human A549 lung cells.
There was higher IL-8 expression by the lung cells treated with the larger particles, in
comparison with the same cells exposed to 64 nm particles [112]. Furthermore, unaltered
or carboxylated polystyrene nanoparticles brought on a substantial up-regulation of IL-6
and IL-8 genes in human gastric adenocarcinoma, leukemia, and histiocytic lymphoma
cells, which suggests that the increase in inflammatory reactions to polystyrene particles is
likely to be due to the constitution of the particle, or down to simple particle occurrence
rather than because of the particle charge [113,114].

A study on the impact of carboxylated and amino-modified polystyrene particles
(120 nm) on the polarization of human macrophages into M1 or M2 phenotypes revealed no
change in the expression of M1 markers like CD86, NOS2, TNFα, and IL-1β [115]. However,
the introduction of both types of nanoparticles negatively impacted the expression of
scavenger receptors CD163 and CD200R, and the release of IL-10 by M2 cells. There
was a reduction of Escherichia coli phagocytosis by both M1 and M2 macrophages with
the introduction of amino-modified particles. On the other hand, phagocytosis by M2
was unaffected by the carboxylated particles. The carboxylated particles also caused
increases in the protein mass in M1 and M2, enhanced the release of TGFβ1 by M1, and
heightened levels of ATP in M2 [115]. Similarly, in vitro study also shown that unmodified
polyethylene particles measuring between 0.3 and 10 μm caused murine macrophages to
produce significant levels of cytokines, such as IL-6, IL-1β, and TNFα [116,117].

Furthermore, a number of previous studies indicated that when polyethylene com-
ponents are used as prostheses, they can fragmentize as a result of wear and tear, and
form debris in the joints [118–120]. The polyethylene wear particles trigger the TNFα and
IL-1 pro-inflammatory factors, as well as pro-osteoclastic factors, including the receptor
activator of NF-κB ligand (RANKL), which causes periprosthetic bone resorption and
could eventually result in the patient losing the prosthesis [121]. High levels of plastic
particles measuring between 0.2 and 10 μm have been observed in the periprosthetic tissue
of ultrahigh molecular weight polyethylene-based implants. In addition, the presence
of macrophages in the tissues in the vicinity of the implant area indicates the stimula-
tion of the inflammatory response [121–123]. A study of failed titanium alloy total hip
arthroplasty cases found that a majority of wear debris in the interfacial membranes con-
sisted of polyethylene particles with an average diameter of 530 nm [124]. To overcome
the observed negative effects, surgeons are now increasingly employing metal-on-metal
joint replacements.
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6.2. Oxidative Stress and Apoptosis

A number of in vitro studies have shown that different polystyrene nanoparticles can
induce oxidative stress, apoptosis and autophagic cell death in cell context-dependent
manner. For instance, amine-modified polystyrene nanoparticles were shown to interact
and aggregate with mucin strongly, and induce apoptosis of mucin- and non-mucin-
secreting intestinal epithelial cells [126]. Cationic polystyrene nanoparticles were shown to
induce reactive oxygen species (ROS) production and endoplasmic reticulum (ER) stress in
mouse macrophages and lung epithelial cells via aggregation of misfolded protein, leading
to autophagic cell death of RAW 264.7 mouse macrophages and BEAS-2B lung epithelial
cells [127,128]. While, unmodified or functionalized polystyrene was shown to induce
apoptosis in several human cell types, including primary human alveolar macrophages
(MAC), primary human alveolar type 2 (AT2) epithelial cells, human monocytic leukemia
cell line (THP-1), human immortalized alveolar epithelial type 1 cells (TT1), human colon
carcinoma cells (Caco-2), and human lung cancer cells (Calu-3) [129–132]; and polystyrene
nanoparticles were shown to regulate ROS via long non-coding RNAs (e.g., linc-61, linc-50,
linc-9, and linc-2) in Caenorhabditis elegans [142].

Despite the toxic effects observed in the in vitro models, no obvious severe toxicity
was observed in liver, duodenum, ileum, jejunum, large intestine, testes, lungs, heart,
spleen, and kidneys of mice following oral exposure of a mixture of microplastics [139].
While, other studies have demonstrated that oral exposure (either through oral gavage
or drinking water) caused liver inflammation [125], neurotoxic responses [125], reduced
body and liver weight [140], reduced mucin excretion in colon [134,140], altered amino acid
and bile acid metabolism [134,135], and altered microbiota composition [134,140,141,143].
Interestingly, some of the effects such as altered lipid metabolism was observed even in the
offspring of the mice following microplastic exposure [141].

6.3. Metabolic Homeostasis

In addition to the induction of inflammation and apoptosis, recent studies have
revealed that microplastics and nanoplastics can impair cellular metabolism in both in vitro
and in vivo models. Polystyrene-based nanoparticles influence signaling systems in airway
epithelial cells due to nanoparticle-cytoplasmic membrane interactions. After exposure to
negatively charged carboxylated polystyrene nanoparticles measuring 20 nm, basolateral
K+ ion channels were found to be activated in human lung cells [136]. The nanoplastic
particles caused persistent and concentration-dependent increases in short-circuit currents
by the activation of the ion channels and the stimulation of Cl− and HCO3

− ion efflux [136].
Furthermore, 30 nm polystyrene nanoparticles induced large vesicle-like structures

in the endocytic route in macrophages and human cancer cell lines A549, HepG-2, and
HCT116. As a result, vesicle transport and the distribution of proteins involved in cytoki-
nesis are blocked, thus stimulating the formation of binucleated cells [137]. In addition,
acute oral exposure to positively charged polystyrene nanoparticles has the potential to
disrupt intestinal iron transport and cellular uptake [138].

When mice were fed with pristine polystyrene microparticles (5 μm and 20 μm) for
28 days, the microplastics were found to be distributed in the liver, kidneys and gut,
with larger particles dispersed regularly across all tissues, while the smaller particles
found at higher concentration in the gut [125]. Inflammation and lipid droplets were also
evident in the histopathological analysis. There was evidence that showed microplastic
accumulation in murine tissue caused impairment of energy metabolism, lipid metabolism,
oxidative stress and neurotoxic responses. There were decreases noted in hepatic levels of
ATP, total cholesterol and triglycerides, as well as reduction in catalase activity, whereas
increases were observed in the activity of several biomarkers (LDH, SOD, GSH-Px and
AchE) [125,139,140].

Furthermore, pregnant mice exposed to microplastics via ingestion developed gut mi-
crobiota dysbiosis, intestinal barrier dysfunction and metabolic disorders. The effects of mi-
croplastics exposure at the maternal level also conferred permanent altered metabolism in
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the F1 and F2 generations [135,141]. The key results from these studies showed: (1) Change
in the gut microbiota; (2) change in the intestinal barrier where less mucus was secreted
and lower levels of ion transporter gene expression; and (3) alterations to lipid/fatty acid
metabolism, as demonstrated by the differences in serum and liver triglyceride and total
cholesterol levels [134,135,140,141].

7. Leaching of Toxic Chemicals from Plastics

As discussed above, plastics usually contain chemicals from the raw monomers
and various types of additives to improve their properties. In addition, plastics also
absorb chemicals from their surroundings [144,145]. As a result, these chemicals have the
potential to leach from the polymer and into the environment around them. For example,
polycyclic aromatic hydrocarbons (PAHs) have been shown to be adsorbed by microplastics
and causing various toxic effects when ingested by various organisms [145]. Chemical
species diffuses from the interior of a particle to its surface, leaching into the surrounding
environment, and is possibly driven by a gradient function. Although these chemical
species are transient and degrade rapidly in the human body, these plastic particles provide
a durable ‘reservoir’ for chemical leaching into tissues and body fluid [146].

To date, toxic chemical additives in plastic that are known to affect human health
include bisphenol A (BPA), phthalates, triclosan, bisphenone, organotins and brominated
flame retardants (BFR) (Figure 4) [147]. Although limited information is available whether
these additives leach into the biological tissues directly, certain additives, such as nonylphe-
nol and BPA, are found to be ingested by marine biota [148]. In particular, exposure to
leached BPA, an additive that is commonly used to make polycarbonate (PC) plastics and
epoxy resin as lining layer of food and beverage cans, has been shown to cause endocrine
disorders and impact human health [147,149,150].

Figure 4. Overview of the toxic effects of chemicals leaching from plastics. Plastics are made up of different chemical
compositions, in which some are hazardous that can leach to the surroundings upon degradation. Plastics typically contain
additives that can improve their properties, such as durability and elasticity. The leaching of these additives from plastics to
the surrounding environment, not only causing harmful impacts to the aquatic environment, but also human health. For
instance, bisphenol A (BPA), an industrial chemical that is widely used to make polycarbonate (PC) plastics and epoxy resin
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as lining layer of food and beverage containers. Studies reported that the leaching of BPA from food containers into the
food and drinks can cause a series of diseases, including obesity and cardiovascular diseases. BPA also acts as a hormonal
disruptor, imitating or blocking the production, action, and function of hormones in the human body. BPA also known
to affect brain development in the womb, causing damage to the developing fetus. Polyvinyl chloride (PVC) polymers
and plastisol generally contain phthalate esters as plasticizers, in order to increase their durability and flexibility. Human
exposure to phthalate esters has been shown to associate with abnormal sexual development and changes in the levels of
sex hormones. Additionally, studies have demonstrated that some phthalate esters such as butyl benzyl phthalate (BBP)
and di-2-ethylhexyl phthalate (DEHP) can increase tumor incidence in human, representing potential carcinogens.

Importantly, studies have found that BPA will leach from PC into food and
drinks [147,151,152], and that the toxicity of BPA causes changes in liver function and
insulin resistance, damage of a developing fetus and modification of the reproductive
system and neurological functions [153]. BPA acts as an agonist for estrogen receptors
and inhibits thyroid hormone-mediated transcription by acting as an antagonist [154],
and alters pancreatic beta cell function [155]. Increased likelihood of developing obesity
and cardiovascular diseases [156–158], and several other reproductive and develop-
mental issues have been noted when humans are exposed to BPA at concentrations of
0.2–20 ng/mL [147].

Phthalate esters are used as plasticizers in the manufacturing of PVC polymers and
plastisol to achieve enhanced flexibility and durability [159]. Human exposure to phthalate
esters are potentially harmful and may cause abnormal sexual development and birth
defects [160]. Additionally, butyl benzyl phthalate (BBP) has been named as a probable
carcinogen, and di-2-ethylhexyl phthalate (DEHP) has been cited as a possible carcinogen
by U.S. EPA [15].

8. Conclusions

While, microplastics and nanoplastics are widely studied in the context of the marine
environment, we have only recently recognized the potential human exposure pathways.
Following exposure, uptake is plausible via ingestion and/or inhalation. The toxicity
assessments of micro- and nanoplastics on human are mainly focusing on gastrointestinal
and pulmonary toxicity, which involve oxidative stress, inflammatory reactions, and
metabolism disorders.

Based on the findings of recent studies, further research is needed to investigate
the potential mechanisms of micro- and nanoplastics toxicity in human. Moreover, it is
important to understand whether microplastics and nanoplastics can be further degraded
after ingestion under the acidic conditions in the gut or inside the lysosomes of the cells.
Hence, the long-term fate of the ingested microplastics and nanoplastics in human body
warrant further investigation.

Unfortunately, the accurate assessment of human exposure to nanoplastics remains
a scientific challenge due to the lack of validated methods, certified reference materials,
and standardization across the analytical procedures used [161,162]. Notably, most of
the reported studies were conducted using polystyrene due to its ease in synthesis and
processing into nanoparticles, while the most common commercial used of plastics are
polyolefins (e.g., polyethylene and polypropylene), polyesters, and polyurethanes. Given
the large variety in particle size, shape and chemical composition of plastics, the potentially
hazardous effects of different types of micro- and nanoplastics to human health remain
largely unknown [163]. Therefore, we recommend that future research should focus on the
understanding of the potential hazards and risks of chronic exposure to diverse micro- and
nanoplastics at relevant concentrations.
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