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Preface to ”Catalytic Processes for Water and
Wastewater Treatment”

Water and wastewater treatment are still facing significant challenges today. Due to climate

change, water shortages are already noticeable in many regions of the world. To overcome these

problems, alternative water sources must be generated and used; for example, treated wastewater,

rainwater, surface water, etc. These water sources have to be treated before use since the

development of highly sensitive methods reveals the presence of hazardous compounds in low

concentrations. These pollutants should be removed, and many processes have been proposed for

their degradation/removal, among them catalytic methods.

Those where catalysts are in solid form in particular exhibit significant advantages.

Catalytic oxidation or reduction processes are among the most efficient processes. These include

photocatalysis, sulfate and hydroxyl-radical-based advanced oxidation processes.

This Special Issue contains the contributions of different research groups and discusses the recent

progress and advances in catalytic processes in water and wastewater treatment.

John Vakros
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Catalytic Processes for Water and Wastewater Treatment
John Vakros 1,2

1 Department of Chemical Engineering, University of Patras, Caratheodory 1, University Campus,
GR-26504 Patras, Greece; vakros@chemistry.upatras.gr

2 School of Sciences and Engineering, University of Nicosia, 2417 Nicosia, Cyprus

Water and wastewater treatment still face significant challenges today. Due to climate
change, water shortages are already noticeable in many regions of the world. To over-
come these problems, alternative water sources must be generated and used, for example,
treated wastewater, rainwater, surface water, etc. Since the development of highly sensitive
methods reveals the presence of hazardous compounds in low concentrations, these water
sources must be treated before use. The detected compounds include pharmaceuticals,
which have a serious influence on human health. Generally, the concentrations of these
compounds is low. However, recent statistics have revealed that the per capita consumption
of medicines within the European Union for the period of 2000–2014 has almost tripled,
reflecting the excessive and perhaps reckless use of similar products. In particular, there
are numerous different ways that remedies may permeate into surface recipients, such as
landfill leachates, excessive consumption by people themselves, high volumes of organic
hospital effluents, and the undeniably incorrect rejection of medicines that have expired or
were not used. Due to the incomplete biodegradation of complex organic molecules in con-
ventional wastewater treatment plants, the accumulation of organic pollutants on surface
waters endangers biodiversity through its potential toxicity. Thus, these pollutants should
be removed. Many processes have been proposed for their degradation/removal, including
catalytic methods. These methods, in which catalysts are in a solid form in particular,
exhibit significant advantages such as easy separation, better stability, higher activity, and a
lower cost of the process. Catalytic oxidation or reduction processes are among the most
efficient processes. These include photocatalysis and sulfate- and hydroxyl-radical-based
advanced oxidation processes.

The application of a solid catalyst in a removal experiment combines not only the
oxidation reaction but also the adsorption of the contaminant on the catalyst surface. The
adsorption is a necessary step for the catalytic process, and hydrophilicity of the surface
is required in such cases. By itself, adsorption very useful for removing heavy metal ions.
Heavy metals are highly soluble in water and are toxic, carcinogenic, and non-degradable.
In the study by Neelgund et al. [1], a nanocomposite CNTs-Ag2S was prepared through the
facile deposition of Ag2S nanoparticles onto oxidized carbon nanotubes (CNTs), using the
hydrothermal method. At first, the hydrophobic CNTs were treated with concentrated nitric
and sulfuric acids under reflux. The modification increased the hydrophilic nature of the
CNTs by introducing oxygen species onto the surface. The Ag2S nanoparticles were then
deposited onto the modified CNTs. The CNTs-Ag2S is more efficient than CNTs and Ag2S
and can completely adsorb Cd (II) within 80 min. The adsorption follows pseudo-second-
order kinetics, while intraparticle diffusion and the boundary layer effect contribute to the
removal of Cd (II) [1]. The CNTs-Ag2S can also act as a photocatalyst for the degradation
of alizarin yellow R (AYR), a dye used in the textile industry. With the irradiation of the
material with natural sunlight, complete degradation of AYR is achieved. The degradation
follows pseudo-first-order kinetics. Different reactive species such as electrons, holes,
hydrogen peroxide, and ROS are the active species for the degradation, and the CNTs-Ag2S
was found to be stable for three cycles [1].
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Photocatalysis is probably the most common method used for the degradation of
organic compounds in water matrices, and titania-based materials are widely used as
photocatalysts. In the study by Khan et al., [2] binary CdTiO2 and ternary NiCdTiO2
were compared with bare TiO2 for the photocatalytic degradation of organic dyes such
as methylene blue (MB) and methyl green (MG). It was found that the photocatalytic
degradation of TiO2, CdTiO2, and NiCdTiO2 for MB was 77, 82, and 86%, while for MG
the binary and ternary materials were even better, achieving a degradation of 63.5, 88, and
97.5%, respectively. In all three materials, the TiO2 was in the form of anatase, while the
deposition of Cd and Ni caused a red shift in the absorbance spectra by coupling with Ni
and Cd. This shift can be considered responsible for the enhanced photocatalytic activity.

Kong et. al. [3] used anatase TiO2 to degrade Auramine O (AO) under 365 nm light
irradiation. The titania nanoparticles had a mean diameter of 100nm. The degradation
process followed a pseudo-first order reaction, with k = 0.048 ± 0.002 min−1. This value is
significantly lower than the corresponding value for the degradation of methylene blue
(0.173 ± 0.019 min−1); this is due to the nonplanar structure of AO. The higher photocat-
alytic efficiency was found to be 96%, and it decreased nonlinearly with an increase in the
initial concentration and catalyst dosage. Finally, the authors confirmed the superiority of
titania nanoparticles compared to the use of micro-sized powders.

The degradation process is more complicated when more than one dye is present in the
solution; however, this scenario is also more realistic. Therefore, there are numerous studies
in which binary or ternary solutions of dyes are used in photocatalytic degradation. In
this recent review [4], the photocatalytic behavior of methylene, rhodamine B, and methyl
orange in their binary or ternary solutions was summarized. In this review, the importance
of diffusion was discussed. It was revealed that smaller dyes with a planar conformation
are easier to degrade and dominate in photocatalytic degradation in their binary or ternary
solutions.

Although titania is likely the better photocatalyst, it has some limitations, among
which is its limited optical adsorption in the visible light spectrum. Many methods have
been used to further expand the optical UV–Vis absorption region of TiO2 and to enhance
the efficient light-induced charge separation. The best option reported is to combine TiO2
with typical narrow-bandgap quantum dots (QDs) of different semiconductors and carbon
quantum dots (CQDs). In the work of Rawal et. al., [5] nitrogen (N) and sulfur (S) co-doped
graphene quantum dots (GQDs) were used. This material has a narrowed Eg value that
improves photogenerated electron transfer due to π-conjugation. The activity was found
to be 2.3–3 times higher than that of TiO2. The photocatalyst was stable for at least three
cycles, and the formation of C-O-Ti bonds provided a charge transfer pathway.

BaTiO3 is another promising material, especially when it is combined with the double-
hole coupling of anion–anion combinations. Barium titanate has a perovskite structure
and large band gap of 3.0–3.3 eV; it has the appropriate band positions to split water
into hydrogen and oxygen, although the band gap should be regulated in lower values to
provide the ability to absorb more visible light. It has also been reported that by substituting
a metal dopant at a Ba or Ti site, a direct effect on the band gap energy (Eg), the stability,
and the formation of oxygen vacancies can be achieved. On this basis, the electronic
properties and optical absorption characteristics of BaTiO3, with the double-hole coupling
of anion–anion combinations using first-principles methods, were studied. It was found
that the N–N co-doped BaTiO3 exhibited a more favorable formation energy under an
O-poor condition, and all the co-doping configurations reduced the value of Eg. The tuning
of the Eg makes the photocatalyst a promising candidate for visible-light water splitting [6].

Due to the importance of photocatalysis, as it is one of the most innovative advanced
oxidation techniques used, many materials have been tested for their photocatalytic activity.
A photocatalytic process should present a high efficiency, low cost, and avoid the produc-
tion of intermediate products with a high toxicity. The selection of a photocatalyst is very
important, as it must be cheap, stable, environmentally friendly, and have high activity.
Usually, a photocatalyst is a semiconductor with a high degree of absorption of light, prefer-
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ably solar light, and high rate of photogenerated charge carriers. One review summarized
the application of CuS as a photocatalyst [7]. CuS is a p-type semiconductor with different
nanostructures, such as nanoparticles and quantum dots or heterojunctions with carbon
materials, organic materials, or metal oxides. The recent developments in organic pollutant
photodegradation with a CuS as catalyst are discussed on the basis of different synthesis
parameters (Cu:S molar ratios, surfactant concentration etc.) and properties (particle size,
morphology, bandgap energy, and surface properties)

In the study by Le Pivert et. al., [8], ZnO nanoparticles were synthesized onto Zn
and used as roof for the photocatalytic removal of organic contaminants in rainwater.
The authors prepared the ZnO nanoparticles on the Zn roof with a hydrothermal growth
method in 2 h. The presence of Zn (II) ions and the native oxide film on the Zn surface
acted as active sites for the growth of ZnO nanoparticles. The photocatalytic activity was
determined using Methylene Blue under UV irradiation and Acid Red 14 with solar light.

The removal of Methyl Tert Butyl Ether (MTBE) using Fe2O3/MgO as a catalyst was
studied in the presence of arsenic under UV irradiation [9]. The catalyst contained 33.06%
Fe2O3 and 45.06% MgO. The main parameters of the degradation process, including the
effect of arsenic and MTBE concentrations, catalyst mass, pH, etc., were studied. It was
found that the concentration of MTBE influenced the most the photocatalytic process.
The higher performance in the removal of MTBE was achieved at pH = 5 and an initial
concentration of MTBe equal to 37.5 mg/L, with a catalyst dose of1.58 mg/L without
the presence of As. The presence of arsenic decreased the removal efficiency remarkably.
Therefore, pretreatment for the removal of arsenic and more details of this interference
effect are suggested.

Psychiatric drugs, including amisulpride, a typical antipsychotic drug, are a class
of pharmaceuticals that are often prescribed and used in a wide range of mental health
problems. Their use is increasing worldwide. Graphitic carbon nitride (g-C3N4) can be used
as photocatalyst for the degradation of this type of drug. In the work of Antonopoulou et.
al. [10], the application of g-C3N4 catalysts for the degradation of amisulpride was studied.
Particularly, in the degradation process of amisulpride under UV-A irradiation with the
application of g-C3N4, the transformation products and the ecotoxicological assessment
were investigated. It was found that the degradation pathways of amisulpride included
mainly oxidation, dealkylation, and the cleavage of the methoxy group. The main reactive
species were found to be h+ and O2

•−. In ultrapure water, the transformation products had
a low toxicity, while an increased toxicity was observed when wastewater was used as a
matrix, especially at the beginning of the process.

g-C3N4 is an interesting material with a graphene-like structure, chemical and thermal
stability, and a low cost. Is a good visible light absorber and can be used in a wide variety
of photocatalytic applications. It has a narrow band gap of ~2.7 eV, but it exhibits a high
recombination process and thus limited activity. This drawback can be overcome with the
combination of g-C3N4 and MoS2, since heterostructuring can decrease the recombination
effects between electrons and holes. The photocatalytic removal of psychiatric drugs
in secondary effluents of hospital wastewater with g-C3N4 or 1% MoS2/g-C3N4 was
studied [11] in a laboratory-scale pilot plant and in a solar simulator apparatus. The results
showed that the 1% MoS2/g-C3N4 was more active than the g-C3N4, with 54% and 30%
removal, respectively. The degradation followed first order kinetics, and six transformation
products were generated during degradation; these were totally degraded at the end
of the treatment.

As previously noted, research on new materials is always challenging. These materials
should be active, selective, and of a low cost. It is also desirable that they are ecofriendly,
and, if possible, they should originate from the valorization of waste. Biochar is such a
materials. It can be produced from any kind of biomass through a pyrolysis process under
a limited- or no-oxygen atmosphere. Generally, biochar has a moderate or high specific
surface area, a hierarchical pore structure, and active surface groups. The utilization
of biochar and biochar-based nanocomposites for dye removal from wastewater was
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reviewed [12]. The removal of dyes from wastewater via natural and modified biochar
follows numerous mechanisms, such as precipitation, surface complexation, ion exchange,
cation–π interactions, and electrostatic attraction. The preparation parameters and the post
treatment of biochar can alter the surface speciation, and the modified biochar can exhibit
better performance in the removal of dyes. A framework for artificial neural networking
and machine learning to model the dye removal efficiency of biochar from wastewater was
also proposed.

In addition to the excellent adsorption properties of the biochar, it can also act as
a catalyst for the activation of persulfate ions and the oxidation of organic compounds.
Biochar from lemon stalks, pyrolyzed at 850 ◦C under a limited oxygen atmosphere,
produced a highly active and selective biochar for the oxidation of sulfamethoxazole (SMX),
using sodium persulfate as oxidant [13]. The biochar had a significant amount of carbonates
and could completely degrade 0.5 mg L−1 SMX within 20 min using 500 mg L−1 sodium
persulfate (SPS) and 100 mg L−1 biochar in ultrapure water (UPW). The degradation
process is favored at a low pH and in the presence of chlorides. The complexity of the water
matrices usually has a negative impact on the degradation. The mechanism follows radicals
with hydroxyl radicals as the main active species and non-radical pathways; electron
transfer pathway was proven with electrochemical characterization. The biochar from
lemon stalks is stable and active.

The combination of more than one advanced oxidation process often leads to synergis-
tic effects and has proved to be a more efficient strategy. In this respect, the degradation
of SMX was studied using a CuOx–BiVO4 catalyst as either a photocatalyst or persulfate
(sodium persulfate, SPS) activator [14]. This hybrid process (catalyst/SPS/Solar System)
was found to be synergetic for copper-promoted BiVO4 photocatalysts. Specifically, dif-
ferent loadings of CuOx (0.75–10% wt.) were deposited on BiVO4 and tested under solar
irradiation for the degradation of SMX. The most active catalyst was found to be the
0.75 CuOx–BiVO4, while a higher loading of CuOx delayed the degradation process. The
complexity of the water matrix (from ultrapure to bottled, BW, and wastewater, WW) also
has a negative effect on the degradation process. The addition of SPS is beneficial for the
degradation process, and the two processes exhibit a synergistic effect. Specifically, in a
BW matrix, the application of SPS results in complete elimination after 60 min, while in the
absence of SPS, an SMX degradation of only 40% took place in 120 min under solar light.
For the WW, ~37%, 45%, and 66% degrees of symmetry were determined using 0.75, 3.0,
and 10.0 CuOx–BiVO4, respectively.

Catalytic processes for water and wastewater treatment are a promising approach
to improving the quality of the water. Although photocatalysis is the most popular and
attractive process due to its simplicity and utilization of the abundant solar light, the com-
bination of other advanced oxidation processes can lead to effective systems. Interestingly,
the presented experimental results highlight that it is difficult to decide which catalyst
or process is better, and the determination of the activity must be performed in a wide
window of operating parameters.

Conflicts of Interest: The author declares no conflict of interest.
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Abstract: A multimode, dual functional nanomaterial, CNTs-Ag2S, comprised of carbon nanotubes
(CNTs) and silver sulfide (Ag2S) nanoparticles, was prepared through the facile hydrothermal process.
Before the deposition of Ag2S nanoparticles, hydrophobic CNTs were modified to become hydrophilic
through refluxing with a mixture of concentrated nitric and sulfuric acids. The oxidized CNTs were
employed to deposit the Ag2S nanoparticles for their efficient immobilization and homogenous
distribution. The CNTs-Ag2S could adsorb toxic Cd(II) and completely degrade the hazardous
Alizarin yellow R present in water. The adsorption efficiency of CNTs-Ag2S was evaluated by
estimating the Cd(II) adsorption at different concentrations and contact times. The CNTs-Ag2S could
adsorb Cd(II) entirely within 80 min of the contact time, while CNTs and Ag2S could not pursue it. The
Cd(II) adsorption followed the pseudo-second-order, and chemisorption was the rate-determining
step in the adsorption process. The Weber−Morris intraparticle pore diffusion model revealed that
intraparticle diffusion was not the sole rate-controlling step in the Cd(II) adsorption. Instead, it was
contributed by the boundary layer effect. In addition, CNTs-Ag2S could completely degrade alizarin
yellow R in water under the illumination of natural sunlight. The Langmuir-Hinshelwood (L-H)
model showed that the degradation of alizarin yellow R proceeded with pseudo-first-order kinetics.
Overall, CNTs-Ag2S performed as an efficient adsorbent and a competent photocatalyst.

Keywords: CNTs; Ag2S; cadmium; adsorption; alizarin yellow R

1. Introduction

Water pollution engrossed by heavy metals is a primary environmental, ecological,
and public health concern [1]. Heavy metals are highly soluble in water and are toxic,
carcinogenic, and non-degradable [2,3]. Rapid industrialization and technological develop-
ment have resulted in the discharge of heavy metal-containing effluents into surface and
groundwater [4]. The discharged heavy metals are adsorbed by soil and enter the human
body through the food chain. Heavy metals accumulate in various organs and body tissues
and can cause irreparable damage, including death [5]. Among the heavy metals, cadmium
is enormously used and highly toxic [6]. The source for discharging the cadmium into the
environment is industrial activities, such as electroplating, smelting, alloy manufacturing,
pigments, plastic, battery, fertilizers, pesticides, pigments, dyes, textile operations, and
refining [7]. In water, cadmium exists as bivalent, Cd(II), which is responsible for several
adverse effects, such as kidney dysfunction, nephritis, hypertension, renal dysfunction,
nervous system dysfunction, bone lesions, digestive system dysfunction, cancer, and repro-
ductive organ damage [8–10]. The itai-itai disease, caused by Cd(II)-contaminated water
from the Jinzu river in Japan, has instigated severe pain, bone fractures, proteinuria, and
osteomalacia [11]. The Cd2+ ions have a high affinity for binding to sulfhydryl (-SH) groups
of proteins in biological systems [12]. The presence of Cd(II) in water can lead to severe
health and environmental problems. Therefore, its elimination is critically needed. The
Cd(II) present in water could be eradicated through chemical precipitation, ion exchange,
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solvent extraction, membrane separation, electrochemical removal, coagulation, and ad-
sorption [13–21]. In these techniques, adsorption is superior because of its high efficiency,
relative simplicity in design, easy operation, and low operational cost [20,21]. Because of
this, many adsorbents have been developed and tested for their efficiency [20–22].

Another class of pollutants that also causes major environmental problems, such as
heavy metals, is azo dyes. Azo dyes have attractive colors and are enormously used in
industries due to their availability and stability [23]. These dyes contain azo bonds (-N=N-)
and substituted aromatic rings [24]. The complex molecular structure of azo dyes has made
them recalcitrant and resistant to biodegradation [25]. Azo dyes are mutagenic, teratogenic,
and carcinogenic [25]. Moreover, azo dyes can decompose into potentially carcinogenic
polychlorinated naphthalenes, benzidine, and amines [26,27]. The toxicity of azo dyes can
result in lung cancer, heart diseases, chromosomal aberrations, neurotoxicity, skin disease,
and respiratory problems in humans [25]. These dyes can cause disorders of the central
nervous system and the inactivation of enzymatic activities [28]. Beyond toxicity, azo dyes
are abundantly used in industries because of their cost and advancement in colors that
cover the entire spectrum. After their use in industries, about 10-15% of the azo dyes are dis-
charged into the environment through water effluents [29,30]. Releasing azo dyes content
water can result in several environmental problems including reduced light penetration in
water bodies, which leads to diminished photosynthetic activities, lessened growth and
reproduction of aquatic creatures, and aesthetic damage [30,31]. The consequences of the
xenobiotic and recalcitrant azo dyes impact the ecosystem’s structure and functioning.
Considering the adverse effects, it is essential to completely obliterate azo dyes to prevent
severe damage and protect health and the environment. Different techniques have been
developed to remove the azo dyes in water, viz., coagulation/flocculation, ultrafiltration
and membrane processing, chemical precipitation, electrochemical degradation, and ozona-
tion [32–37]. In comparison, photocatalysis is an excellent method for eradicating azo dyes
from water in an environmentally friendly approach as the end products of this process are
harmless [38,39]. Due to its efficiency in degrading azo dyes, many photocatalysts have
been developed to eliminate dyes [37–45]. Among azo dyes, alizarin yellow R (AYR) is
a prominently used dye in industries. It is a highly water-soluble anionic dye that con-
tains polycyclic aromatic hydrocarbons [25]. AYR is a derivative of salicylic acid and was
prepared in 1887 by Rudolf Nietzki through the reaction of m-nitroaniline and salicylic
acid [46]. AYR is an industrially important dye and is vastly used in the textile, leather,
plastics, paints, and lacquer industries [24]. Furthermore, it is used as an acid-base indicator
and employed in histology, stains, and nutrient media preparations [47].

Considering the health and environmental problems associated with Cd(II) and AYR,
we designed the dual applicable nanocomposite, CNTs-Ag2S for efficient Cd(II) adsorption
and photodegradation of AYR. The multimode CNTs-Ag2S was produced through the
facile deposition process of Ag2S nanoparticles over oxidized carbon nanotubes (CNTs)
using the hydrothermal method. The adsorption efficiency of CNTs-Ag2S was estimated
by evaluating the adsorption rate of Cd(II) from water. The dynamics and controlling
mechanisms of Cd(II) adsorption were assessed by pseudo-first- and second-order kinetic
models. The reaction pathways and the rate-controlling step underlying Cd(II) adsorption
were evaluated using the Weber−Morris intraparticle pore diffusion model. The adsorption
equilibrium was determined by fitting the experimental results with Langmuir, Freundlich,
and Temkin isotherm models. Furthermore, the catalytic activity of CNTs-Ag2S was
determined through the degradation of AYR under exposure to natural sunlight. The
photocatalytic activity of CNTs-Ag2S was quantified using the Langmuir-Hinshelwood
(L-H) model.

2. Results and Discussion

The ATR-FTIR spectrum of CNTs-COOH, shown in Figure 1a, demonstrated a band
at 3427 cm−1 corresponding to the O-H bond. The band for the C=O bond of the -COOH
groups appeared at 1699 cm−1, and the band for the C=C bonds of CNTs was found at
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1554 cm−1 [48–50]. The spectrum of Ag2S (Figure 1b) displayed the peak of the Ag-S
bond at 552 cm−1 [51]. The spectrum of CNTs-Ag2S (Figure 1c) revealed the characteristic
absorption bands related to CNTs and Ag2S. The prominent peaks observed at 1066 and
1096 cm−1 in Figure 1c were attributed to C-O stretching. The peak at 3574 cm−1, was
due to the −OH stretching vibrations of adsorbed water molecules. The band due to C=O
was observed at 1693 cm−1, and the peak, at 1517 cm−1, was attributed to C-H. The peak
related to Ag-S was situated around 550 cm−1. The XRD pattern of CNTs-Ag2S (Figure 2)
showed a characteristic (0 0 2) reflection of hexagonal graphite of CNTs at 26.1◦ [52].
It revealed the reflections related to Ag2S at 22.7 (−1 0 1), 25.2 (−1 1 1), 26.5 (0 1 2),
29.2 (1 1 1), 31.7 (−1 1 2), 33.8 (1 2 0), 34.6 (−1 2 1), 34.9 (0 2 2), 36.8 (1 1 1), 37.0 (1 2 1),
37.3 (0 1 3), 37.9 (−1 0 3), 40.9 (0 3 1), 43.6 (0 2 3), 44.4 (−1 3 1), 46.4 (−1 2 3), 48.0 (−2 1 2),
48.9 (0 1 4), 53.0 (0 4 0), 53.5 (−2 1 3), 58.3 (−1 4 1), 58.4 (−2 2 3), 60.2 (−1 0 5), 61.4 (0 1 5),
62.8 (2 3 1), 63.4 (2 1 3), 63.9 (−1, 3 4), and 68.0◦ (2 3 2). These values agree with the
values found in the standard pattern of acanthite Ag2S (JCPDS file 14-0072) [52]. The TEM
images of CNTs-Ag2S presented in Figure 3 explored the deposition of spherical-resembling
Ag2S nanoparticles over the surface of tubular-structured CNTs. The proportion of Ag2S
nanoparticles was low, possibly due to the low quantity of precursor AgNO3 used in the
preparation compared to the ratio of CNTs. The presence of Ag2S nanoparticles over the
surface of CNTs is perceptible in Figure 3a–f. It is noticeable in Figure 3a that the few
Ag2S nanoparticles have combined and formed clusters. Figure 3b,d reveal the ruptured
surface of some CNTs. It could have happened through the harsh treatment of CNTs with
the mixture of concentrated HNO3 and H2SO4. This process was required to make the
CNTs hydrophilic and provide a suitable environment for the effective deposition of Ag2S
nanoparticles. However, the entire surface of the CNTs was not distracted and the smooth
surface of the CNT is perceptible in Figure 3e,f. Overall, a few defective sites were formed
in CNTs. Figure 3d-f reveals the strong adherence of Ag2S nanoparticles to the smooth-
surfaced CNT. The absence of leached or free-standing nanoparticles in the void area shows
the strong adherence of Ag2S nanoparticles to the surface of CNTs. The size of the Ag2S
nanoparticle present in Figure 3d,e, was around 38 and 15 nm, respectively. Therefore,
Ag2S nanoparticles have broad size distribution. The average size of Ag2S nanoparticles,
calculated from XRD, was around 29 nm, which agrees with the size determined from the
TEM images. The core of the Ag2S nanoparticles (Figure 3d) appears denser than the edge.
The CNTs have a width of around 110 nm and a length of several micrometers. Overall,
CNTs have effectively exfoliated. Further, the EDS of CNTs-Ag2S (Figure S1, Supplementary
Materials) demonstrated the presence of O, Ag, and S in CNTs-Ag2S. The peaks for Cu and
Ca were found in Figure S1, those are by the copper grid used in the TEM measurement.
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Figure 3. (a–f) TEM images of CNTs-Ag2S.

The TGA pattern of CNTs-Ag2S (Figure 4) displayed four weight loss steps. The
initial weight loss of 6.5% that occurred before 100 ◦C was attributed to the desorption
of physically adsorbed water molecules over the surface of CNTs-Ag2S. The following
weight loss of 15% ensued within the range of 100–490 ◦C was due to the detachment and
decomposition of oxygen-containing functional groups existing on the surface of the CNTs.
The subsequent weight loss of 10.5% transpired within the range of 500–540 ◦C, was owing
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to the breaking of the bond between silver and sulfide in Ag2S nanoparticles and releasing
sulfur. The successive sharp and significant weight loss of 31.5% taken place within the
range of 540–550 ◦C was by the decomposition of sulfur and the formation of metallic silver
and silver oxide. The residual weight remained was about 64%. The broad endothermic
peak found in the DTA curve around 80 ◦C was because of the dehydration of the sample.
The small endothermic peak found at 170 ◦C accounted for the removal of functional groups
from the surface of the CNTs. The intense exothermic peak at 545 ◦C was assigned to release
sulfur by breaking the bond between silver and sulfide. The UV-vis absorption spectrum
of CNTs-Ag2S, shown in Figure 5, exhibited a characteristic absorption band of the C=C
bonds of CNTs at 232 nm [52]. In addition, the broad absorption tail corresponding to Ag2S
nanoparticles was observed in the visible region [52,53]. If semiconductor nanoparticles
are conjugated to CNTs, it shows the charge-transfer band [52,54]. However, no such band
was observed in Figure 5, illustrating that the conjugation of Ag2S nanoparticles to CNTs
has not altered their energy states [52,54].
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The XPS survey spectrum of CNTs-Ag2S, shown in Figure 6a, confirmed the presence
of C, O, Ag, and S. The high-resolution spectrum of C1s (Figure 6b) divulged four distinct
peaks by Gaussian fitting situated at 284.5, 285.5, 286.4, and 287.8 eV. Among these, peaks
at 284.5 and 285.5 eV were assigned to the C-C bonds of the sp2 and sp3 hybridized carbon
atoms of CNTs, respectively [55]. The peaks at 286.4 and 287.8 eV were due to the C-O and
C=O bonds of CNTs, respectively [55]. The deconvoluted O 1s peak (Figure 6c) exhibited a
peak at 531.3 eV for the lattice oxygen and a peak at 532.4 eV corresponding to the carbonyl
(=C-O) functional groups of the CNTs [56]. The core-electron binding energy of Ag 3d3/2
was found at 373.9 eV, and that of Ag 3d5/2 was at 367.9 eV (Figure 6d). The presence of
Ag 3d3/2 and Ag 3d5/2 peaks and their positions confirm the Ag+ state of silver [57]. The
difference in the position of Ag 3d5/2 and Ag 3d3/2 peaks was 6 eV, and no shoulder or
satellite peaks were observed between them. The high-resolution S 2p spectrum (Figure 6e)
for the spin-orbit splitting of S2+ was deconvoluted into the 2p3/2 level peak at 161.2 eV,
and the 2p1/2 peak at 162.3 eV. These peaks occurred by the Ag-S bonds of the Ag2S
nanoparticles [58]. The additional peak at 163.9 eV is related to the presence of sulfur in
CNTs-Ag2S [58].
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spectrum of O1s. (d) High-resolution spectrum of Ag3d. (e) High-resolution spectrum of S2p.
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The adsorption ability of CNTs-Ag2S was determined by estimating the Cd(II) ad-
sorption present in water. The contact time between adsorbent and adsorbate is critical
and it controls adsorption. Therefore, the Cd(II) adsorption was determined by allowing
for contact with CNTs-Ag2S at different times and compared with that of CNTs and Ag2S
(Figure 7). The plot of the adsorption capacity, qt versus t, is presented in Figure S2. Cd(II)
adsorption is time dependent and occurs as a gradient function of time. Hence, contact
time is crucial in controlling the Cd(II) adsorption. The tendency in Cd(II) adsorption by
CNTs, Ag2S, and CNTs-Ag2S was identical like the adsorption was rapid, then gradually
reduced, and finally attained equilibrium. The initial rapid Cd(II) adsorption could have
occurred due to the difference in the concentration of Cd2+ ions in the solution and over the
surface of the CNTs-Ag2S, which facilitated the movement of Cd2+ ions from the solution to
the surface of the CNTs-Ag2S [8]. Also, in the beginning, many active sites were available
on the surface of CNTs-Ag2S to occupy by Cd2+ ions [8]. With the elapsed contact time, the
active sites of the CNTs-Ag2S were predominantly occupied by Cd2+ ions. Apart, there is a
possibility of repulsion between Cd2+ ions in the solution and Cd2+ ions exist over the sur-
face of CNTs-Ag2S. Owing to these reasons, the adsorption rate could gradually decrease
and eventually attain equilibrium [8]. Within 80 min of the contact time, CNTs-Ag2S could
adsorb the Cd(II) completely; however, under identical conditions, the adsorption rates of
CNTs and Ag2S were 79 and 53%, respectively. Thus, the adsorption efficiency of CNTs and
Ag2S was significantly improved by their conjugation in CNTs-Ag2S. Further, to identify
the adsorption kinetics of CNTs-Ag2S, the data were simulated with the pseudo-first-order
kinetic model using the expression presented in Equation (1).

ln(qe − qt) = lnqe − k1t (1)

where qe and qt are the quantity of adsorbate (mg/g) at equilibrium and particular time,
t (min), respectively, and k1 (min−1) is the pseudo-first-order rate constant.
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Figure 7. Adsorption kinetics of Cd(II) over CNTs, Ag2S, and CNTs-Ag2S.

The pseudo-first-order plot obtained for Cd(II) adsorption over CNTs, Ag2S, and
CNTs-Ag2S is shown in Figure 8. The correlation coefficients (R2) perceived for CNTs, Ag2S,
and CNTs-Ag2S were 0.9906, 0.9540, and 0.9930, respectively. The k1 and qe were computed
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using the slope and intercept values of the straight lines acquired in Figure 8. The estimated
values of k1 and qe is summarized in Table 1. The calculated qe(cal) could not agree with
the experimental value qe(exp) for all samples. Thus, the experimental data for the Cd(II)
adsorption could not be projected by the pseudo-first-order kinetic model. Alternatively, it
was analyzed using the pseudo-second-order kinetic model using Equation (2).

t
qt

=
1

k2 q2
e

+
t
qe

(2)

where k2 [g/(mg.min)] is the pseudo-second-order rate constant.
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Figure 8. Pseudo-first-order kinetics for Cd(II) adsorption over CNTs, Ag2S, and CNTs-Ag2S.

Table 1. Parameters calculated for the Cd(II) adsorption using adsorption kinetic models.

Adsorbent qe (exp) mg g−1

Pseudo-First-Order Kinetic Model Pseudo-Second-Order Kinetic Model

qe (cal) mg g−1 k1(min−1) R2 qe (cal) mg g−1 k2 × 10−3

(g mg−1 min−1) R2

CNTs-Ag2S 125.0 5.0633 0.0778 0.9930 133.2 1.2140 0.9980
CNTs 98.75 4.7785 0.0608 0.9906 109.8 0.8360 0.9963
Ag2S 67.50 4.0970 0.0519 0.9540 72.62 1.7750 0.9985

The pseudo-second-order model plot is illustrated in Figure 9, and the determined
parameters are presented in Table 1. The R2 values derived from the pseudo-second-
order plots for CNTs, Ag2S, and CNTs-Ag2S were 0.9963, 0.9985, and 0.9980, respectively.
The R2 value of the second-order plot was relatively higher than that found for the first-
order plot, which was close to 1. The qe(cal) of the second-order model matched the
qe(exp) for all samples. The linearity of the pseudo-second-order plot and the agreeing
values of qe(exp) and qe(cal) show that the Cd(II) adsorption could be analyzed using the
pseudo-second-order kinetics rather than the pseudo-first-order kinetics. The agreement
of the second-order kinetics demonstrates that chemisorption was the rate-determining
step in the Cd(II) adsorption [9]. Moreover, it represents the rapid transfer of Cd(II)
from a solution with a lower initial concentration to the surface of the CNTs-Ag2S due to
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the concentration gradient [9]. Further, the experimental data were explored using the
Weber−Morris intraparticle pore diffusion model to evaluate the diffusion mechanism
using Equation (3).

qt = kid t0.5 + C (3)

where kid (mg/g.min) is the intraparticle diffusion rate constant, which can be calculated
from the linear plot of qt versus t0.5. c (mg/g) is the intraparticle diffusion constant,
estimated from the intercept and directly proportional to the boundary layer thickness. It is
assumed that the higher the intercept value, the more significant the contribution of the
surface adsorption in the rate-controlling step. If the regression of the qt versus t0.5 plot
is linear and passes through the origin, intraparticle diffusion plays a significant role in
controlling the kinetics of the adsorption process. If it does not pass through the origin,
intraparticle diffusion is not the only rate-limiting step. Instead, it is contributed by the
boundary layer effect [59]. The intraparticle diffusion plot of qt versus t0.5 acquired for
the Cd(II) adsorption on CNTs-Ag2S is demonstrated in Figure 10. The plot in Figure 10
does not pass through the origin of the coordinates (Figure S3). So, intraparticle diffusion
is not the sole rate-limiting step in Cd(II) adsorption over CNTs-Ag2S. The association
of the two straight lines in the intraparticle diffusion plot (Figure S3) and the intercept
values (Table S1) support that the intraparticle diffusion was not only a rate-controlling
step in the Cd(II) adsorption; it also contributed through the boundary layer effect [59].
The multilinearity of the plot in Figure 10 (Figure S3) shows that the Cd(II) adsorption
transpires through multiple phases [60]. Among these, the initial stage occurred through
the rapid adsorption of Cd2+ ions, the second phase was owing to the diffusion of Cd2+ ions
into the pores of CNTs-Ag2S, and the third phase was due to equilibrium of the adsorption
that caused a chemical reaction/bonding [60].
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Figure 9. Pseudo-second-order kinetics for Cd(II) adsorption over CNTs, Ag2S, and CNTs-Ag2S.
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Figure 10. Weber-Morris intraparticle diffusion plot for the Cd(II) adsorption over CNTs-Ag2S.

The experimental equilibrium parameters for Cd(II) adsorption were determined
by applying three isotherm models: Langmuir, Freundlich, and Temkin. The Langmuir
model predicts that the adsorbed molecules form a monolayer and adsorption emerges
at a static number of adsorption sites, each of which is equivalent in efficiency. Moreover,
each molecule has a constant enthalpy and adsorption activation energy, it means that all
molecules have an affinity equal to entire adsorption sites [61]. With the help of Langmuir
isotherm model, it could be find the value of the maximum adsorption capacity of the
adsorbent using Equation (4) [62]:

Ce

qe
=

Ce

qm
+

1
KL qm

(4)

where qe (mg/g) is the amount of adsorbed Cd(II) per unit mass of CNTs-Ag2S; Ce (mg/L)
is the concentration of Cd(II) at equilibrium; qm is the maximum amount of the Cd(II)
adsorbed per unit mass of CNTs-Ag2S to form a complete monolayer on the surface-bound
at high Ce. KL is the Langmuir adsorption constant related to the free energy of adsorption.
The Langmuir plot for Cd(II) adsorption over CNTs-Ag2S is presented in Figure 11. The
estimated parameters are shown in Table 2. The maximum adsorption capacity (qm)
calculated for Cd(II) adsorption over CNTs-Ag2S was 256.4 mg/g.
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Table 2. Parameters calculated for Cd(II) adsorption over CNTs-Ag2S using Langmuir, Freundlich,
and Temkin adsorption isotherm models.

Langmuir Isotherm Freundlich Isotherm Temkin Isotherm

qm (mg g−1) KL (L mg−1) R2
Lan KF (mg g−1) n R2

Fre A B R2
Tem

256.4 −0.6830 0.9972 305.0 −31.21 0.3562 1.1 × 10256 0.4565 0.0019

The Freundlich isotherm is developed based on the assumption that the adsorption
sites are distributed exponentially concerning the heat of adsorption [62,63]. It provides
the relationship between the equilibrium of liquid and solid phase capacities with multi-
layer adsorption properties consisting of the heterogeneous surface of the adsorbent. The
Freundlich isotherm that supports multilayer adsorption agrees with the Langmuir model
over moderate ranges of concentrations but differs at low and high concentrations. The
linear form of the Freundlich isotherm can be represented b Equation (5):

ln qe = ln KF +
ln Ce

n
(5)

where qe (mg/g) is the amount of Cd(II) adsorbed at equilibrium. KF and n are Freundlich
constants. KF symbolizes the affinity of the adsorbent, and n signifies the adsorption
intensity. Ce (mg/L) is the Cd(II) concentration at equilibrium. The Freundlich isotherm
plot attained for Cd(II) adsorption is shown in Figure S4, and the calculated parameters are
included in Table 2.

The Temkin isotherm model is based on the fact that, during adsorption, the heat of
all molecules decreases linearly with an increase in the coverage of the adsorbent surface
and that adsorption is characterized by the uniform distribution of binding energies up
to the maximum binding energy [62,64]. The linear form of the Temkin isotherm model is
shown in Equation (6):

qe = B lnA + B ln Ce (6)

where B = RT/KT, KT is the Temkin constant related to the heat of adsorption (J/mol); A
is the Temkin isotherm constant (L/g), R is the gas constant (8.314 J/mol K), and T is the
absolute temperature (K). The Temkin isotherm fitting plot for the Cd(II) adsorption is
shown in Figure S5. The values estimated from Figure S5 are illustrated in Table 2.

The R2
Lan value found for the Langmuir isotherm plot was 0.9972; for Freundlich and

Temkin isotherm plots, the R2
Fre and R2

Tem values were 0.3562 and 0.0019, respectively. The
Freundlich and Temkin isotherm models provided scattered points and failed to accomplish
linearity. Therefore, the Freundlich and Temkin isotherm models were unsuitable for
explaining Cd(II) adsorption over CNTs-Ag2S. However, the Langmuir isotherm model
produced linearity. Therefore, the Langmuir model is appropriate for elucidating the Cd(II)
adsorption. The validation of the Langmuir model indicates that the Cd(II) adsorption over
CNTs-Ag2S ensued with monolayer molecular covering and chemisorption, together [65].

Further, the photocatalytic activity of CNTs-Ag2S was investigated through the degra-
dation of AYR under exposure to sunlight. The degradation of AYR by CNTs-Ag2S is
presented in Figure 12. The activity of CNTs-Ag2S was compared with that of CNTs and
Ag2S. The CNTs-Ag2S could degrade the AYR completely within 120 min of illumination.
However, CNTs and Ag2S were capable to degrade 77.3 and 41% of AYR, respectively, in
120 min. Hence, the conjugation of CNTs and Ag2S was substantially improved the photo-
catalytic activity in CNTs-Ag2S. The degradation of AYR was quantified by the reduction in
the electronic absorption band located at 373 nm (Figure 13). The hybrid nano-architecture
of CNTs-Ag2S was proficient in adsorbing higher number of AYR molecules and capable
in absorption of sunlight. In addition, the effectual hindrance of recombining of electrons
and holes during photocatalysis facilitated the degradation process. The photocatalytic
activity of CNTs-Ag2S was further explored by finding the apparent rate constants using
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the Langmuir-Hinshelwood (L-H) model and with the help of Equation (7) that could be
applicable for low concentrations of dyes [38,39,44,45].

ln
C0

C
= kapp t (7)

where C0 is the initial concentration of AYR and C is the concentration at a particular time
of irradiation. kapp is the apparent rate constant of the reaction, and t is the irradiation time.
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Figure 13. Reduction in the electronic absorption of alizarin yellow R in the presence of CNTs-Ag2S
under the irradiation to sunlight.

The L-H plots perceived for the degradation of AYR were linear, as depicted in Figure 14.
The linearity of the L-H plots reveals that the degradation of AYR ensue with pseudo-
first-order kinetics. The apparent rate constants determined by the L-H plots for CNTs,
Ag2S, and CNTs-Ag2S were 0.0108, 0.0035, and 0.0378 min−1, respectively. The value
determined for CNTs-Ag2S was about four-fold higher than CNTs and eleven-fold greater
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than Ag2S. Therefore, the conjugation of CNTs and Ag2S has magnificently improved
the photocatalytic activity in CNTs-Ag2S. Due to the conjugated structure, containing
aromatic, carbonyl, and azo groups, the AYR solution possessed an intense color in water.
Accordingly, AYR degradation could happen by breaking the conjugated system in the
presence of CNTs-Ag2S under sunlight irradiation. With this assumption, the possible
mechanism for the rapid degradation of AYR by CNTs-Ag2S could be explained as follows
(Figure 15).

CNTs-Ag2S + hν→ e− + h+

h+ + H2O→ HO− + H+

e− + O2 → O2
•−

O2
•− + H+ →HO2

•

HO2
• + H2O→ H2O2 + HO•

AYR + HO• → H2O + CO2 + nontoxic products
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Further, to find the stability of CNTs-Ag2S, it was recovered by centrifugation after
photocatalysis. It was washed with DI water, dried and used in further two cycles of the
photocatalysis. The reused CNTs-Ag2S was able to degrade AYR completely in further two
cycles without any significant reduction in activity (Figure S6). The XRD of CNTs-Ag2S
recorded before and after using in the three degradation cycles of AYR could not show
any structural modification or rapture (Figure S7). Consequently, CNTs-Ag2S is table and
suitable for reuse.

The CNT/Ag2S nanocomposite prepared by Di et al. and applied it to the degradation
of rhodamine B revealed its higher activity than bare Ag2S nanoparticles under illumi-
nation to visible and near-infrared (NIR) light [57]. In addition, the recycled CNT/Ag2S
nanocomposite could not lost the activity [57]. The Ag2S-CNT nanocomposite, reported
by Meng et al. [66], efficiently degraded texbrite BA-L in presence of visible light. In this
study, the Ag2S-CNT nanocomposite was for four degradation cycles of texbrite BA-L [66].
Further, the photocatalytic activity of CNTs-Ag2S in the degradation of AYR was compared
with different photocatalysts and presented in Table 3 [24,25,46,67–69].

Table 3. Comparison of the degradation rate of AYR by CNTs-Ag2S with reported photocatalysts.

Photocatalyst Source of Irradiation Degradation Rate (%) Ref

CNTs-Ag2S Sunlight 100 This work
Fe nanoparticles Sunlight 93.7 25

H2O2 UV 100 24
Zinc oxide UV 92.5 46

β-MnO2 nanowires Mercury lamp 98.0 69
Mn3O4 Mercury lamp 62.0 69

MnO(OH) nanorods Mercury lamp 54.0 69
Bi2O3@RGO Sunlight 41.5 70

ZnO nanoparticles UV 95.0 71
ZnO nanoparticles Sunlight 13.2 71
ZnO nanoparticles Visible 06.2 71

3. Experimental
3.1. Materials

The chemicals and CNTs were purchased from Millipore Sigma and used as received.
The aqueous solutions were prepared using ultrapure water obtained by the Milli-Q Plus
system (Millipore; Burlington, MA, USA).

3.2. Preparation of CNTs-Ag2S

The hydrophobic pristine CNTs were modified to hydrophilic through the oxidization
by refluxing in a mixture of 1:3 (v/v) concentrated HNO3 and H2SO4 at 70 ◦C for 24 h. The
resulting oxidized CNTs were collected through centrifugation and purified by washing
them with DI water [70,71]. The resulting oxidized CNTs were dried under a vacuum and
used to deposit Ag2S nanoparticles. About 40 mg of oxidized CNTs (CNTs-COOH) were
dispersed in 40 mL of DI water using sonicator, and a solution of 0.04 mol/L of AgNO3 in
40 mL of DI water was added. The mixture was allowed to stir in room temperature for
30 min, and a freshly prepared 40 mL aqueous solution of 0.02 mol/L sodium sulfide was
added slowly. This suspension was stirred for 10 min and transferred to an autoclave. The
autoclave was heated at 180 ◦C for 6 h to yield CNTs-Ag2S. Thus, the formed CNTs-Ag2S
was collected by centrifugation and purified with washing with DI water.

3.3. Preparation of Ag2S

For control experiments, Ag2S nanoparticles were prepared using the procedures used
for CNTs-Ag2S without CNTs.
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3.4. Adsorption Experiments

The stock solution of Cd(II), with a concentration of 1 g/L, was prepared in DI
water using cadmium chloride and was diluted to the desired concentrations. The kinetic
Cd(II) adsorption experiments were conducted to find the contact time needed to attain
equilibrium. In the typical experiment, 100 mg of CNTs-Ag2S was dispersed into 500 mL of
a Cd(II) solution with a concentration of 0.5 mg/L and stirred at room temperature. After
the required contact time, an adequate sample was collected, and the dispersed CNTs-Ag2S
was separated by centrifugation. The concentration of residual Cd(II) in the collected
samples was estimated by atomic absorption spectrometer. The amount of Cd(II), adsorbed
by CNTs-Ag2S was monitored as a function of time for 120 min. The quantity of Cd(II)
adsorbed was calculated using Equation (8).

qt =
(C0 − Ct) V

M
(8)

where qt is the amount of adsorbed Cd(II) (mg/g) at time t; C0 is the initial concentration
of the Cd(II) (mg/L), and Ct is the concentration of the Cd(II) (mg/L) at time t; V is the
volume of the solution (L), and M is the amount of adsorbent (g).

Further, the efficiency of CNTs-Ag2S in Cd(II) adsorption was estimated using
Equation (9).

Removal e f f iciency (%) =
(C0 − Ct) V

C0
× 100 (9)

For adsorption isotherm experiments, 10 mg of CNTs-Ag2S was mixed with 50 mL
of the Cd(II) solution and stirred at room temperature for 24 h to reach equilibrium in
the concentration between 50 and 140 mg/L. After separating the dispersed CNTs-Ag2S,
the concentration of Cd(II) in the solution was measured using an atomic absorption
spectrometer. The amount of Cd(II) adsorbed at equilibrium, qe (mg/g), was determined
by Equation (10):

qe =
(C0 − Ce) V

M
(10)

where qe is the amount of Cd(II) adsorbed (mg/g) at equilibrium.

3.5. Photocatalytic Activity

To evaluate the photocatalytic activity, 10 mg of CNTs-Ag2S was added to the 100 mL
aqueous solution of AYR with a concentration of 10 mg/L. It was allowed to stir in the
dark for 30 min to reach adsorption/desorption equilibrium of the AYR molecules over the
surface of CNTs-Ag2S. This suspension was transferred to a photocatalytic reactor having a
water jacket with a water circulation system to maintain a constant temperature, and the
suspension was exposed to sunlight. At the required time, 5 mL of the reaction mixture
was withdrawn, and the suspended CNTs-Ag2S was separated using centrifugation. The
concentration of AYR after photocatalysis was assessed with UV-vis spectrophotometer
by recording the absorbance at 373 nm. The normalized concentration of AYR after pho-
tocatalysis was calculated as C/C0, where C0 is the initial concentration of AYR and C is
its concentration after photocatalysis. All photocatalytic experiments were conducted in
the month of June, between 1 pm and 4 pm. The intensity of sunlight measured during
photocatalysis was 800–900 W/m2.

3.6. Characterization

The UV-vis absorption spectra were recorded using a Jasco V-770 UV-vis-NIR spec-
trophotometer (Easton, MD, USA), and ATR-FTIR spectra were collected with a Smiths
ChemID diamond attenuated total reflection (DATR) spectrometer (Smiths Detection, Inc.,
London, United Kingdom). The XRD was obtained by a Scintag X-ray diffractometer
(Cupertino, CA, USA), model PAD X, equipped with a Cu-Kα photon source (45 kV,
40 mA), at a scanning rate of 3◦/min. The thermogravimetry differential thermal analysis

22



Catalysts 2023, 13, 476

(TG/DTA) was performed using a Perkin Elmer Diamond TG/DTA instrument (Waltham,
MA, USA) at a 10 ◦C/min heating rate. Transmission electron microscopy (TEM) images
and X-ray energy-dispersive spectroscopy (EDS) were perceived by a Hitachi H-8100 mi-
croscope (Tokyo, Japan). The X-ray photoelectron spectra (XPS) were acquired by a Perkin
Elmer PHI 5600 ci X-ray photoelectron spectrometer (Waltham, MA, USA). The Cd(II) con-
centration was estimated using a Varian SpectrAA 220FS atomic absorption spectrometer
(Lake Forest, CA, USA).

4. Conclusions

The facile hydrothermal process produced an efficient adsorbent and photocatalyst,
CNTs-Ag2S. The ATR-FTIR, XRD, EDS, and XPS confirmed the formation of CNTs-Ag2S
in the right structure and phase. The TEM explored the deposition of Ag2S nanoparticles
over the surface of CNTs. The TG/DTA revealed the high thermal stability of CNTs-Ag2S.
The dual-tasking CNTs-Ag2S could accomplish the complete Cd(II) adsorption and the
degradation of AYR in water. The agreement of second-order kinetics for Cd(II) adsorption
reveals that chemisorption is the rate-determining step of the adsorption process. The
Weber−Morris intraparticle pore diffusion model represented that intraparticle diffusion
could not be the sole rate-limiting step in Cd(II) adsorption, instead, it occurred through
multiple phases. The validation of the Langmuir model illustrates that the Cd(II) adsorp-
tion takes place with monolayer molecular covering and chemisorption. Not limiting to
Cd(II) adsorption, the CNTs-Ag2S could also be an excellent adsorbent for adsorption of
other toxic heavy metals. Apart from excellent adsorbent, CNTs-Ag2S could also be an
exceptional photocatalyst as reveled by degradation of AYR. The elevated degradation of
AYR demonstrated that CNTs-Ag2S is the strong sunlight-active photocatalyst that could
be applied in the degradation of other toxic dyes. The linearity of the L-H plots depicted
that the degradation of AYR occurred through pseudo-first-order kinetics. The CNTs-Ag2S
could be easily recovered and used for several times without losing its activity. Overall,
CNTs-Ag2S is a robust adsorbent as well as photocatalyst that could be employed in the
adsorption of different heavy metals and the photodegradation of alternative dyes.
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Figure S3: Intraparticle diffusion model for Cd(II) adsorption over CNTs- Ag2S; Figure S4: Freundlich
isotherm plot for Cd(II) adsorption over CNTs- Ag2S; Figure S5: Temkin isotherm plot for Cd(II)
adsorption over CNTs- Ag2S; Figure S6: Degradation of alizarin yellow R in presence of CNTs-
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Abstract: The synergistic effect of binary CdTiO2 and ternary NiCdTiO2 on the photocatalytic
efficiency of TiO2 nanoparticles was investigated. The SEM analysis demonstrates spherical TiO2

NPs of different sizes present in agglomerated form. The structural analysis of the nanocomposites
reveals a porous structure for TiO2 with well deposited Cd and Ni NPs. TEM images show NiCdTiO2

nanocomposites as highly crystalline particles having spherical and cubical geometry with an average
particle size of 20 nm. The EDX and XRD analysis confirm the purity and anatase phase of TiO2,
respectively. Physical features of NiCdTiO2 nanocomposite were determined via BET analysis which
shows that the surface area, pore size and pore volume are 61.2 m2/g, 10.6 nm and 0.1 cm3/g,
respectively. The absorbance wavelengths of the CdTiO2 and NiCdTiO2 nanocomposites have shown
red shift as compared to the neat TiO2 due to coupling with Ni and Cd that results in the enhanced
photocatalytic activity. The photocatalytic activity demonstrated that TiO2, CdTiO2 and NiCdTiO2

degrade methylene blue (MB) and methyl green (MG) about 76.59, 82, 86% and 63.5, 88, 97.5%,
respectively, at optimum reaction conditions.

Keywords: TiO2; nanocomposites; photocatalysts; photodegradation; methylene blue; methyl green

1. Introduction

Industrial effluents containing synthetic dyes is a formidable challenge for water
remedy processes [1,2]. Dyes are used for the coloration of several materials such as textile
fibers, cosmetics, paper, tannery, food, leather and pharmaceutical products [3]. These
synthetic dyes are major water pollutants and cause serious environmental problems due
to their high aromaticity, low biodegradability, toxicity, chemical stability and carcinogenic
nature [4]. These dyes also reduce the light penetration which reduces the photosynthetic
activity that causes a deficiency in dissolved O2 content of the water [5]. Various approaches
are applied for the remediation of these pollutants such as adsorption [6], nanofiltration [7],
ozonation [8], coagulation [9], biodegradation [10] and phytoremediation [11] etc. These
conventional approaches are expensive, destructive, difficult and transform pollutants into
sludge [12].

Advanced Oxidation Processes (AOPs) generate and use powerful transitory species
such as hydroxyl radicals [13] to eliminate the organic pollutants by final conversion into
small and stable molecules such as H2O and CO2 [14]. Among the AOPs, photocatalytic
degradation is believed to be the most appropriate low-cost approach to treat organic
pollutants [15]. Photodegradation has advantages over other conventional approaches
owing to its simplicity, complete pollutants mineralization, cost-effectiveness, no harmful
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byproducts formation, ambient pressure and temperature operation [16]. Various semi-
conducting photocatalysts are used for the photodegradation of dyes such as ZnO [17],
Fe3O4 [12], SnO2 [18], TiO2 [19] etc. Among these photocatalysts, titanium (IV) oxide has
been the most investigated material for the environmental photocatalysis owing to its abun-
dance, high specific surface area, nontoxicity, photostability, strong oxidation capability,
low price, high photoactivity and chemical stability [20–22]. Titanium dioxide (TiO2) as
an intrinsically n-type semiconductor material with a band gap of around 3 eV [23,24] is
extensively suggested for diverse applications such as lithium-ion batteries [25], super-
capacitors [26], solar cells [27], sensors [28] and photocatalysts [29–31]. However, TiO2
as photocatalyst represents low photocatalytic activity due to its high electron–hole pair
recombination rate, wide band gap and its excitation only under UV light [32]. In order to
retard these deficiencies, various approaches are developed such as doping [33], sensitiza-
tion [34], supporting on a medium [35] and coupling with semiconductors [36–38]. Among
these, coupling of TiO2 with other semiconducting material having lower band gap energy
forming a heterojunction is a strategic option. The semiconductor having lower gap energy
plays the role of sensitizer by being excited first, and then inducing the excitation of TiO2
by passing photoelectrons from its conduction band to that of TiO2 [39].

In the present work, TiO2 nanoparticles were prepared by precipitation technique and
then coupled with Cd and Ni to obtain CdTiO2 and NiCdTiO2 nanocomposites through
co-precipitation method. The CdTiO2 and NiCdTiO2 nanocomposites are not reported in
literature nor utilized as photocatalysts in the photodegradation of dyes to the best of our
knowledge. These photocatalysts were prepared from economical materials and simple
approach. The photocatalysts are very efficient toward the photodegradation of both dyes.
The photocatalytic efficacy of the TiO2, CdTiO2 and NiCdTiO2 was assessed by degradation
of methylene blue (MB) and methyl green (MG) dyes in aqueous solution under UV-light
irradiation. MB and MG are selected as model dyes because these are recalcitrant organic
pollutants with carcinogenic and mutagenic nature with LD50 = 1180 mg/kg [40]. At higher
concentration these dyes cause great damage to the human body and environment [41,42].
In the photodegradation of MB and MG dyes, the effect of irradiation time, catalyst dosage
and pH were assessed.

2. Results and Discussion
2.1. Morphological and Elemental Analysis

The surface morphology of TiO2, CdTiO2 and NiCdTiO2 was studied via SEM analysis
and the images at different magnifications are shown in Figures 1–3, respectively. The
images show spherical TiO2 NPs of different shapes and sizes and present mostly in
agglomerated form. The particles are also present and dispersed when highly magnified.
The SEM analysis of CdTiO2 shows that Cd NPs are deposited on the surface and embedded
in the porous structure of TiO2. The morphology of CdTiO2 displayed that TiO2 are present
in porous nanotubes form and Cd NPs are dispersed on its surface, and inserted in the
nanochannels. The CdNiTiO2 nanocomposites are mostly agglomerated, and the Cd and Ni
NPs significantly cover the pores and surface of TiO2. The particles have different shapes
and morphology.

The ternary NiCdTiO2 nanocomposites were also examined via TEM analysis and
the results are as shown in Figure 4 at different magnifications which support the SEM
analysis. Images shows that Cd and Ni NPs are uniformly mixed with TiO2 NPs. Highly
crystalline NiCdTiO2 nanocomposites of cubical as well as spherical geometry with an
average particle size of 20 nm are confirmed by TEM images.
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The composition of the ternary NiCdTiO2 nanocomposite was ascertained via EDX
and the spectrum along with %composition in tabulated form is presented in Figure 5. The
EDX spectrum shows signals for the constituent elements (Ti, Ni, Cd and O). The carbon
and silver signals are present due to their coating on samples prior to EDX analysis for
obtaining good quality images.
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2.2. XRD Analysis

The XRD patterns of the photocatalysts are displayed in Figure 6. The observed signals
can be related to the corresponding (101), (004), (200), (105), (211), (204) and (116) crystal
planes. The identified diffraction signals can be allocated to the anatase TiO2 (JCPDS-
21-1272). Peaks for the Cd and Ni NPs are not observed owing to their minute quantity.
However, (105) and (211) crystal plane peaks observed in the TiO2 patterns are replaced by
single broadened peaks in the CdTiO2 and NiCdTiO2 nanocomposites patterns.
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2.3. BET Analysis

The optimum porosity and high specific surface area are considered as essential pa-
rameters for the efficiency of nanocomposite materials used in photocatalysis. Figure 7a
presents the BET and adsorption-desorption plot for NiCdTiO2 nanocomposite. The ad-
sorption/desorption of N2 is important for investigating the surface area, average pore size
and pore volume of the NiCdTiO2 photocatalyst. The study revealed that the NiCdTiO2
nanocomposite exhibit type IV isotherm with a sharp increase of the adsorbed volume
starting from P/P0 = 0.84, confirming the mesoporous nanosized nature of the nanocom-
posite. When the relative pressure approaches 1, the hysteresis loop shifts higher and
shows that the microporous particles are also present. Figure 7b shows BJH plot for the
porosity investigation of NiCdTiO2 nanocomposite. Different surface parameters like BET
surface area, pore size, volume and BJH average pore width of NiCdTiO2 nanocomposite
are represented in the Table 1.

Table 1. The specific surface area, pore size, pore volume and BJH average pore width of
NiCdTiO2 nanocomposite.

BET (m2/g) Pore Volume (cm3/g) Pore Size (nm) BJH Average Pore Width
Ads/Des (nm)

61.2 0.1 10.6 9.6/8.7
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2.4. UV-Visible Analysis

The absorbance wavelength and band gap energy of the TiO2, CdTiO2 and NiCdTiO2
were recorded using UV–VIS spectroscopy. Figure 8 displays the UV–VIS absorption
spectra of TiO2, CdTiO2 and NiCdTiO2. The UV–Visible absorption spectrum of TiO2
shows absorption band at 265 nm. The maximum absorbance wavelengths of the CdTiO2
and NiCdTiO2 have shown slight red shifts. This shift can make nanocomposites better
photocatalysts compared to pure TiO2.
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Figure 9a–c displays the Tauc plots: (αhv)2 versus energy of TiO2, CdTiO2 and
NiCdTiO2, respectively. The band gap was calculated applying Tauc plots, which represents
the relation between the sample absorption edge with the energy of the incident photon.

αhv = A(hv − Eg) n (1)
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where α = molar extinction coefficient, h = Planck constant, v = photon’s frequency,
A = constant, Eg = band gap energy, and n = parameter associated with the electronic
transition ( 1

2 in the present case). The results demonstrate 2.7 eV band gap energy for TiO2.
The band gap energy values for CdTiO2 and NiCdTiO2 are 2.64 eV and 2.52 eV, respectively,
as shown in the Figure 9c inset. The results clearly show the effect of Cd doping and Ni,
Cd co-doping on the band gap energy of TiO2 which can further be correlated with the
photocatalytic activity of the catalysts.
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2.5. Photodegradation of Methylene Blue (MB) Dye
2.5.1. Effect of Irradiation Time

The photocatalysts were utilized for the photodegradation of MB dye in aqueous
medium under UV–light irradiation. Figure 10a–c displays the UV–VIS spectra of MB
dye before reaction and after varying UV light-irradiation times in the presence of TiO2,
CdTiO2 and NiCdTiO2, respectively. The MB dye has shown maximum absorbance in the
absence of catalysts. A sharp decrease in the absorbance was observed in the presence of
catalysts due to photodegradation of the dye. The absorbance shows a regular decrease
in the presence of catalysts with increasing irradiation time. The %degradation of MB
dye by the synthesized catalysts as presented in Figure 10d shows higher photocatalytic
activity for the ternary NiCdTiO2 as compared to the binary CdTiO2 and neat TiO2. A 40,
48 and 65% degradation of the dye was observed within 20 min irradiation time with TiO2,
CdTiO2 and CdNiTiO2, respectively. The degradation was increased to 76.59, 82 and 86%
in the presence of TiO2, CdTiO2 and CdNiTiO2, respectively, by increasing irradiation time
to 100 min. The increase in photodegradation of dye with an increase in irradiation time is
due to the availability of more and more time to generate more hydroxyl radicals, which
is a key species in dye degradation. The photocatalytic degradation experiments of MB
using 30 ppm initial concentration were carried out under optimal reaction conditions and
a pseudo first-order kinetics was observed. The results were in good agreement with the
reported literature [42–50].
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(d) Comparison of %degradation of MB dye inset kinetic model of degradation.

The photocatalytic degradation of dye depends upon the light-harvesting efficiency,
the efficiency of the reaction of the photogenerated electron/hole charges and the reaction of
photogenerated charges with substrate molecules. Photodegradation of the dye is achieved
when UV-light interacts with the photocatalyst. Photons having energy equal to or greater
than the band gap of the catalyst, excite the electrons from their valence band (VB) to
the conduction band (CB) and produce positive holes (h+) in the VB. The h+ of the VB
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react with the water molecules and produce hydroxyl radicals (·OH) while the excited
electrons present in the CB react with oxygen molecules and generate superoxide anion
radicals (O2

·−) [43,44]. These radicals are highly reactive species and effectively degrade
dye molecules into simple and small species such as H2O and CO2. In the case of pristine
TiO2, a major portion of the separated electron–hole pairs recombine and reduces the
photocatalytic activity. However, in CdTiO2 and NiCdTiO2 nanocomposites, the electrons
present in the VB of TiO2 get captured by the coupled Cd and Ni so the electron–hole pairs
recombination rate decreases. This makes the nanocomposites more efficient photocatalysts
compared to the neat TiO2. The suggested mechanism for the photodegradation of MB dye
by ternary NiCdTiO2 nanocomposite is presented in Figure 11.
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2.5.2. Effect of Photocatalyst Dosage

As photocatalytic activity is greatly affected by the available active sites, the effect of
catalyst dosage on the dye degradation was, therefore, also investigated. Different amounts
of catalysts (0.010, 015, 0.020, 0.025 and 0.030 g) were taken with a fixed irradiation time
(30 min) and dye amount (10 mL) and the results for the degradation process as monitored
by UV-Vis spectroscopy are shown in Figure 12a–c for TiO2, CdTiO2 and NiCdTiO2 NPs,
respectively. The %degradation of MB dye by TiO2, CdTiO2 and NiCdTiO2 is compared
in the Figure 12d. With an increase in catalyst dosage, the %photodegradation was also
increased. Maximum photodegradation was achieved with 0.030 g of the catalyst. With this
amount, 76.5, 83.5 and 86% dye was degraded by TiO2, CdTiO2 and NiCdTiO2, respectively.
Further increases in catalyst dosage beyond the limit (0.030 g) had no significance on the
enhancement of the photocatalytic activity for the degradation process. No further increase
in the catalytic activity could be attributed to the agglomeration of photocatalysts beyond
the optimum dosage [16].
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2.5.3. Effect of pH of the Medium

pH has an important role in the production of hydroxyl radicals responsible for the
photodegradation process. Therefore, the effect of pH variation (2, 4, 6, 8, and 10) for a con-
stant photocatalyst dosage (0.02 g) and irradiation time (30 min) on the photodegradation
process was investigated and the results are shown in Figure 13a–c. The %degradation of
the MB dye in different pH media are compared for the catalysts in the Figure 13d. The
degradation process was low in acidic media and at pH 2 only 15, 22.07 and 26% MB dye
was degraded by TiO2, CdTiO2 and NiCdTiO2, respectively. However, in basic media
the degradation percentages of the MB dye were quite high and at pH 10 about 79, 80.1
and 85.71% dye was degraded by TiO2, CdTiO2 and NiCdTiO2, respectively. The cationic
MB dye favors a high pH value for the adsorption process, which leads to an improved
photocatalytic degradation [16].
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2.6. Photodegradation of Methyl Green (MG) Dye
2.6.1. Effect of Irradiation Time

The photodegradation efficacy of the synthesized catalysts was also investigated against
methyl green (MG) dye in aqueous solutions in the presence of UV light. Figure 14a–c
demonstrates the UV–VIS spectra of MG dye before reaction and after different UV light
irradiation times in the presence of TiO2, CdTiO2 and NiCdTiO2, respectively. Figure 14d
represents the %degradation of MG dye at varying irradiation times in the presence of
catalysts. The graph clearly demonstrates that MG photodegradation increases effectively
with increasing UV irradiation time. The %degradation results show that about 28, 45 and
59.5% of the MG dye was photodegraded by TiO2, NiTiO2 and CdNiTiO2, respectively,
within 20 min. The %degradation was increased to 63.3, 88 and 97.5% by TiO2, NiTiO2 and
CdNiTiO2, respectively, when irradiation time was increased to 100 min. The results clearly
demonstrate that an increase in irradiation time results in an increased dye degradation due
to availability of more and more time for dye adsorption followed by photodegradation.
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2.6.2. Effect of Photocatalyst Dosage and Medium pH

The effect of catalyst dosage was evaluated by applying different dosages of photocata-
lysts keeping another parameters constant. Figure 15a represents the %degradation of MG
dye photodegraded by different dosages of the catalysts The results show increased percent
degradation of the dye with increased photocatalyst dosage. A 68, 87 and 98% degradation
was achieved by 0.030 g (maximum dosage) of the TiO2, CdTiO2 and NiCdTiO2, respectively,
within 30 min. The effect of pH on Mg dye degradation was also evaluated by degrading
dye in different pH solutions keeping other parameters constant. Figure 15b represents the
%photocatalytic degradation of MG dye in different pH media. At pH 2, the TiO2, NiTiO2 and
CdNiTiO2 degraded about 12, 20 and 26% MG dye, respectively. The efficiency of MG dye
degradation increases and about 67, 85 and 96.5% dye degraded at pH 10 by TiO2, NiTiO2
and CdNiTiO2, respectively, within 30 min. The increased degradation of MG dye at higher
pH is due to the production of more hydroxyl radicals in the basic medium.
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2.7. Photocatalytic Activity Comparison

The comparative photocatalytic efficiency of the catalysts in the photodegradation of
MB and MG dyes is shown as %degradation in the Figure 16. The dyes were irradiated
for 100 min in the presence of catalysts. The data shows that neat TiO2 is more efficient
in degrading MB compared to MG dye. However, the nanocomposites are more effective
in degrading MG dye compared to the MB dye. The ternary NiCdTiO2 has shown the
highest photocatalytic efficiency and degrades about 97.5% and 86% of MG and MB dye,
respectively. The present study shows supremacy over the reported results [45–51] due to the
photodegradation capability in correlation with band gap energy as presented in Table 2.

Catalysts 2022, 12, x FOR PEER REVIEW 14 of 20 
 

 

 

Figure 15. %degradation of MG dye photodegradation (a) by different dosage of photocatalysts and 

(b) at different pH. 

2.7. Photocatalytic Activity Comparison 

The comparative photocatalytic efficiency of the catalysts in the photodegradation of 

MB and MG dyes is shown as %degradation in the Figure 16. The dyes were irradiated 

for 100 min in the presence of catalysts. The data shows that neat TiO2 is more efficient in 

degrading MB compared to MG dye. However, the nanocomposites are more effective in 

degrading MG dye compared to the MB dye. The ternary NiCdTiO2 has shown the highest 

photocatalytic efficiency and degrades about 97.5% and 86% of MG and MB dye, respec-

tively. The present study shows supremacy over the reported results [45–51] due to the 

photodegradation capability in correlation with band gap energy as presented in Table 2. 

 

 

Figure 16. Comparison of %degradation of MB and MG dyes photodegraded by all the photocata-

lysts. 
Figure 16. Comparison of %degradation of MB and MG dyes photodegraded by all the photocatalysts.

40



Catalysts 2023, 13, 44

Table 2. Comparative analysis of the synthesized catalysts with the reported studies.

No. Catalysts Dye Band Gap (eV) Irradiation
(nm)

Time
(min)

Conversion
(%) Ref

1 Ni-Cr/TiO2 methylene B 2.45 Sunlight 90 95.6 1

2 B-La/TiO2 methyl O - Sunlight 90 98 2

3 Ag-MoO3/TiO2 methyl O 2.89 UV 330 95.6 3

4 Sn-La/TiO2 rhodamine B 3.17 UV 180 98 4

5 Ce-B/TiO2 malachite G 3.42 UV 120 90 5

6 CdS/TiO2 Acid B 2.55 UV 90 84 6

7 Ni/TiO2 methylene B 2.92 UV 240 99 7

8 Ni-Cd/TiO2 methylene G 2.52 UV 100 97.5 Work

2.8. Lifespan of the Catalyst

The catalyst was regenerated from the reaction medium by simple centrifugation
process and washed and dried in an oven overnight. The regenerated catalysts were
utilized subsequently for five experimental runs under the optimum reaction conditions
with no significant loss of activity as shown in Figure 17. The extended lifespan of the
catalysts revealed the industrial scale applicability of the catalysts.
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with no significant loss of activity as shown in Figure 17. The extended lifespan of the 

catalysts revealed the industrial scale applicability of the catalysts. 
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3. Experimental Work
3.1. Materials

Titanium (IV) isopropoxide (C12H28O4Ti) (97%), cadmium (II) chloride hemi(pentahydrate)
(CdCl2·2.5H2O) (98%), and nickel (II) chloride hexahydrate (NiCl2·6H2O) (98%) were pur-
chased from Riedel-de Haen, Germany. Analytical grade sodium hydroxide (NaOH) (98%),
methylene blue (98%), and methyl green (97.5%) were obtained from Sigma Aldrich, USA.

3.2. Synthesis of TiO2 Nanoparticles

The precipitation procedure was utilized for the preparation of TiO2 NPs by titanium
(IV) isopropoxide precursor. A careful addition of 5 mL of titanium (IV) isopropoxide to
8 mL deionized water at 45 ◦C was followed by constant stirring for 1 h and resulted in
white precipitate formation. The precipitates were centrifuged and washed three times
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with deionized water followed by methanol washings. The resultant powder was dried in
an oven at 80 ◦C for 8 h followed by calcination at about 450 ◦C for 5 h.

3.3. Synthesis of Binary CdTiO2 Nanocomposites

CdTiO2 nanocomposites were synthesized via co-precipitation method. Cadmium (II)
chloride hemi(pentahydrate) (0.030 mol, 6.85 g) was added to the deionized water (250 mL)
and the mixture was stirred for 30 min at room temperature. The pH (9–10) of the mixture
was adjusted by dropwise addition of 1 M NaOH solution. The precipitates formed during
the process were centrifuged, separated and washed with deionized water followed by
ethanol washing. The precipitates were dried in an oven at 80 ◦C for 5 h and annealed at
500 ◦C for 4 h. The resultant CdO NPs (0.01 M) were dispersed in methanol (5 mL) via
sonication for 30 min. The dispersion was added to the TiO2 (1 M) dispersion made in
5 mL methanol. The mixture was stirred at 80 ◦C for 30 min and the precipitates formed
were separated via centrifuge. The CdTiO2 binary nanocomposites obtained were kept
overnight and oven dried at 100 ◦C for 2 h.

3.4. Synthesis of Ternary NiCdTiO2 Nanocomposites

Ternary NiCdTiO2 nanocomposites were prepared via co-precipitation method. Nickel
(II) chloride hexahydrate (0.030 mol, 7.13 g) and cadmium (II) chloride hemi(pentahydrate)
(0.030 mol, 6.85 g) were dissolved separately in deionized water (250 mL) and stirred
for 30 min at ambient temperature. The pH (9–10) of the solutions were adjusted via
dropwise addition of 1 M NaOH solution. The precipitates formed during the process
were centrifuged and washed with deionized water followed by methanol three times. The
obtained precipitates were oven dried at 80 ◦C for 6 h and annealed at 550 ◦C for 4 h. The
synthesized Ni (0.001 M) and Cd (0.01 M) NPs were dispersed separately in 5 mL aqueous
methanol via sonication for 30 min. The Ni and Cd dispersions were mixed with TiO2 (1 M)
solution made in aqueous methanol. The mixture was sonicated continuously at 80 ◦C for
30 min. The precipitates were centrifuged and the product NiCdTiO2 was kept overnight
and then dried at 100 ◦C for 5 h.

3.5. Characterization

The morphology and surface analysis were achieved through SEM (Model No. JEOL-
5910; company Japan) and TEM (Tecnai F-20 FEI, USA). The elemental analysis was carried
out via EDX (model INCA 200/oxford instrument, UK), while the size and phase of
crystals were evaluated through XRD measurements (Model JEOL-300). The surface area
and the porosity of the materials were evaluated applying a N2 adsorption instrument
(Micrometrics ASAP 2020). The photocatalytic degradation of the dyes was monitored
using UV-VIS spectrophotometer (UV-1800, Shimadzu, Japan).

3.6. Dyes Photodegradation

The photocatalytic activity of the prepared catalysts was evaluated for the photodegra-
dation (PD) of methylene blue (MB) and methyl green (MG) dyes in aqueous media under
UV-light. The photocatalysts were individually added to 5 mL deionized water and soni-
cated constantly for 30 min, followed by an addition of 10 mL dye solutions (30 ppm) to
each beaker. The beakers were covered with transparent plastic sheets. The mixtures were
again sonicated for 30 min, kept in the dark to attain the adsorption/desorption equilibria
and then kept under UV light (UV lamp (254 nm, 15 W)) with constant stirring for specific
times. The catalysts were carefully removed through centrifugation (1200 rpm, 10 min).
The study was completed by evaluating the effect of irradiation time (20, 40, 60, 80 and
100 min with a 0.03 g of catalyst), photocatalyst dosage (0.010, 0.015, 0.020, 0.025 and 0.03 g
at 30 min irradiation time) and medium pH (2, 4, 6, 8 and 10 with 0.03 g catalyst and 30 min
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irradiation time) on dyes degradation. The degradation study was followed by UV-Vis
spectrophotometer and the %degradation was found by applying the equation:

Degradation rate (%) =

(
Ao − A

Ao

)
× 100 (2)

where Ao and A show dye absorbance before and after UV light irradiation, respectively.
While for photocatalytic degradation, a pseudo first-order kinetic model was proposed.

− dC
dt

= kapC (3)

ln
(

C
C0

)
= kapt (4)

where C0: initial concentration, C: final concentration, kap: apparent rate constant and
t: time in minutes.

4. Conclusions

In the present study, neat TiO2 nanoparticles and its binary CdTiO2 and ternary
NiCdTiO2 nanocomposites were synthesized by precipitation method. The synthesis of
the TiO2 and their binary and ternary nanocomposites were confirmed through various
instrumental techniques. The synthesized materials have shown significant photocatalytic
degradation of MB and MG dyes. The photodegradation results demonstrate that the
dyes degradation increases with increasing irradiation time, catalyst dosage and pH of the
medium. The increase in the degradation of the dyes with increasing photocatalyst dosage
is due to more available active sites for dye adsorption followed by photodegradation. Sim-
ilarly, the rapid photodegradation of the dyes at higher pH values could be a result of more
reactive hydroxyl radicals formation. The coupled CdTiO2 and NiCdTiO2 nanocomposites
result in the synergistic effect and have shown better photocatalytic efficiency compared
to the neat TiO2 nanoparticles. The NiCdTiO2 nanocomposite is the most efficient photo-
catalyst for the degradation of MG (97.5% degraded in 100 min) as compared to MB (86%
degraded in 100 min).
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Abstract: Amongst the environmental issues throughout the world, organic synthetic dyes continue
to be one of the most important subjects in wastewater remediation. In this paper, the photocatalytic
degradation of the dimethylmethane fluorescent dye, Auramine O (AO), was investigated in a
heterogeneous aqueous solution with 100 nm anatase TiO2 nanoparticles (NPs) under 365 nm
light irradiation. The effect of irradiation time was systematically studied, and photolysis and
adsorption of AO on TiO2 NPs were also evaluated using the same experimental conditions. The
kinetics of AO photocatalytic degradation were pseudo-first order, according to the Langmuir–
Hinshelwood model, with a rate constant of 0.048 ± 0.002 min−1. A maximum photocatalytic
efficiency, as high as 96.2 ± 0.9%, was achieved from a colloidal mixture of 20 mL (17.78 µmol L−3)
AO solution in the presence of 5 mg of TiO2 NPs. The efficiency of AO photocatalysis decreased
nonlinearly with the initial concentration and catalyst dosage. Based on the effect of temperature, the
activation energy of AO photocatalytic degradation was estimated to be 4.63 kJ mol−1. The effect
of pH, additional scavengers, and H2O2 on the photocatalytic degradation of AO was assessed. No
photocatalytic degradation products of AO were observed using UV–visible and Fourier transform
infrared spectroscopy, confirming that the final products are volatile small molecules.

Keywords: Auramine O; basic dye; titania nanoparticle; photocatalytic degradation; mechanism

1. Introduction

Water is indispensable for sustaining the environment, keeping entire ecosystems
regulated. Water is also an important natural resource and a vital asset for daily human
life, as it is used for drinking, hygiene, and cooking, as well as in agriculture and fisheries.
Although accessible clean water is crucially important over all regions, about one-sixth of
the global population have difficulties in accessing clean water [1]. Additionally, it has also
been claimed that four billion people are now facing a severe scarcity of clean water due
to extinction, depletion, and pollution in major rivers of the world [2]. The presence of
sediments, soil, and aquatic organisms, which are naturally produced by erosion of rock
and soil, and the breakdown and rotting of organic matters, is related to water quality [3].
However, the presence of organic pollutants in water systems is even more dangerous, as
they contaminate entire ecosystems and endanger human health. With this in mind, water
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pollution continues to be one of the biggest issues humanity faces, especially with rapid
population growth and increasing burdens from economic growth leading to increased
industrial activity.

Although industrial pollutants are often handled in treatment or storage systems,
they may eventually leach into the surrounding urban areas by rainfall, entering sewage
systems and water reservoirs. This contamination degrades the quality of water, and
has therefore been singled out as one of the reasons for economic slowdown in many
developing countries [4]. One of the most serious classes of environmental pollutants
found in water systems is synthetic dyes, which are used intensively in the dying process
in the textile, paper, leather, plastic, and rubber industries, due to their vibrant colors and
low cost [5,6]. Notably, over 50% of the global dye usage, and the resulting contamination,
occurs in developing regions of Asia [7]. Even the presence of low concentrations of
dyes can greatly affect aquatic life and ecosystems, in terms of eutrophication and
perturbations. This is because of the color intensity of dyes, which has the ability to
prevent penetration of sunlight through water, resulting in a clear decline in the rate
of photosynthesis, lowering dissolved oxygen levels. This increases the biochemical
oxygen demand [8]. Even though strict control of water quality has been implemented
in many countries, in order to fulfil the regulation of minimum allowed concentrations
of pollutants, better treatments to eliminate these persistent organic compounds from
industrial wastewater must also be curated.

Typically, industrial dyes are highly water-soluble so that they are cheaper and easier to
use in manufacturing dying processes [9–11]. These dyes are categorized as chromophoric
or auxochromic dyes, containing different moieties and functional groups which are re-
sponsible for their color intensity [12]. Among them, Auramine Orange (AO) and its
derivatives, which are cationic diarylmethane dyes having yellow fluorescence and vibrant
color, are widely mass produced for use in food, textile, paint, ink, plastic, and cosmetic
industries [13,14]. Due to AOs’ carcinogenic nature, there have been studies that exam-
ined its biotransformation to reactive species in target organs of rats and humans when
administered orally [15]. Considering that AO and its derivatives cause long-term impacts
on aquatic environments, as well as causing other health risks [16,17], their removal from
wastewater before discharge is imperative. The treatment of such effluents would not only
protect the water systems and the entire ecosystem, but also encourage manufacturers to
reuse the spent water from their dyeing processes.

A variety of methods, including electro-coagulation [18], chemical precipitation,
coagulation and filtration [19], reverse osmosis membrane [20], ozonation [21], aerobic
and anaerobic processes [22], adsorption on activated carbon [23], and photocatalytic
degradation [24], have been devised for the treatment of industrial wastewater effluents.
However, amongst these methods, adsorption and photocatalysis have attracted great
interest due to their cost-efficiency, sustainability, and selectivity [25,26]. Heterogenous
photocatalysis has been reported to be more desirable as this method shows several ad-
vantages in the decolorization of wastewater due to the high efficiency of photocatalytic
degradation in the removal of dyes from complicated organic effluents [27,28], easy
waste disposal, low cost, and complete mineralization [24]. Additionally, this process
can be applied in ambient or mild pressure conditions, using solar energy for power, or
pre-existing natural UV light in water purification systems, in order to degrade synthetic
dyes completely into less harmful byproducts [29].

The key mode of action of heterogenous photocatalysis is the degradation of dyes
during a chemical reaction with photochemically generated hydroxyl (OH•) and oxygen
(O−

2
•) radicals on the surface of the photocatalyst [30–32]. Therefore, the photocatalytic

degradation of synthetic dyes is strongly governed by the dynamics of adsorption onto
the catalyst surface and their reactivity with the radicals once there. This can be further
controlled using several parameters, such as irradiation time, the catalyst dosage, dye
concentration, and H2O2-mediated processes. Additionally, using nanoparticles (NPs)
instead of micro-powders should greatly increase reaction rates and efficiencies.
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The efficiency of dye photocatalytic degradation depends on their relative redox
potentials with respect to those of the catalyst, allowing electron and hole transfer to
generate O−

2
• and OH• radicals [31]. In this sense, photocatalytic degradation of AO on

TiO2 NPs and its kinetics have been reported by Montazerozohori [33]. Photocatalysis of
AO on semiconductor oxides has been intensively investigated [26,34], but several aspects
of the photocatalytic degradation of the dye are still deficient. In particular, photochemical
systems are complicated and it takes time to elucidate systems as the literature about them
builds up. In general, a lot of works are required to generate a consensus as to what is
actually going on.

Therefore, in this study, photocatalytic degradation of AO on anatase TiO2 NPs under
365 nm light irradiation was investigated. The objective was to systematically evaluate
the effect of irradiation time, the initial concentration of AO, and catalyst dosage on the
photocatalytic degradation of the dye. The efficiency and rate constant of the photodegra-
dation were estimated based on absorption spectra of AO before and after irradiation.
The photocatalytic degradation data were analyzed with standard empirical models. The
thermodynamics of the AO photodegradation process were assessed by monitoring the
effect of temperature. The photocatalytic degradation mechanism was further assessed by
observing the effect of pH and additional scavengers as well as H2O2.

This work should provide a baseline for future works, which may include using
doped and sensitized TiO2 in order to shift the absorbance further to the visible to improve
catalytic efficiency [35–39]. It is important to highlight that there are several differences
between this study and those in the literature, including the use of NPs, which should
give better photocatalytic degradation rates. There are also several similarities and some
agreements between this current study and the reported works, which give affirmative
verification of many of the conclusions from the earlier work, which is a general duty of
the traditional scientific approach.

2. Results
2.1. Photolysis and Adsorption of AO

The photolysis of 35.06 µmol L−1 of AO in aqueous solution in the absence of TiO2
NPs under 365 nm light irradiation is shown in Figure S1A. The absorption spectra of AO
have two main peaks at 432 nm and 370 nm. The spectrum shows that the absorbance
of AO solution gradually and slightly decreased over time when the AO solution was
exposed to the UV irradiation, confirming that the dye was slowly decomposing. From
these absorption spectra, the concentration of AO was extracted and plotted against the
irradiation time, as shown in Figure S1B. It is clearly seen that the concentration of AO after
180 min of irradiation is only slightly lower than it was before irradiation, and hence, the
efficiency of the noncatalytic photolysis was determined to be less than 8% even after such
a prolonged irradiation time. This is conclusive evidence that the direct photolysis of AO
by the 365 nm light irradiation is not efficient.

In comparison, adsorption of AO onto TiO2 NPs was revealed by a gradual decrease
in the absorbance of AO with contact time, as shown in Figure S2. Based on this decrease
in absorbance up to 180 min of contact time, the adsorption efficiency of AO was found to
be less than 3%, indicating that the adsorption of AO by TiO2 NPs is also inefficient.

2.2. Photocatalytic Degradation of AO

Figure S3 shows a colloidal mixture of 20 mL AO solution with 2.5 mg TiO2 NPs before
and after UV light irradiation for 100 min. It can clearly be seen that the colloidal mixture
was completely decolored, suggesting that 100% efficient photocatalytic degradation of AO
had occurred within this time.

The degradation of the dye in the heterogeneous aqueous solution was then monitored
at different irradiation times from 0 to 150 min, and the reduction in the color with increas-
ing irradiation time is shown in Figure S4. The absorption spectra of the heterogeneous
aqueous solutions of AO and TiO2 NPs, after being exposed to the UV light, were measured
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after centrifugation. These spectra are shown in Figure 1. The concentration of AO in the
heterogeneous aqueous solutions was determined based on its absorbance at 432 nm, at
which value the molar decadic extinction coefficient of the dye is 25,300 L mol–1 cm–1. The
photodegradation efficiency (η), also known as color removal rate, was then calculated as

η(%) =
(C0 − Ct)

C0
× 100% (1)

where C0 and Ct are the initial and remaining concentration of AO in the mixtures at
irradiation time, t.
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Figure 1. (A) Absorption spectra of AO (35.06 µmol L−1) in an aqueous colloidal solution, in the
presence of 5 mg TiO2 NPs, after different irradiation times, as indicated; and (B) a plot of Ct against
AO as a function of irradiation time, simulated using the Langmuir–Hinshelwood kinetic model.
Inset: the linear plot of ln(Ct/C0) against irradiation time.

It was found that the dye was almost completely degraded within 150 min of irradia-
tion, with the η value being 96.2 ± 0.9%. This is slightly higher than reported for methylene
blue (MB) (93.1%) and rhodamine B (RhB) (96.1%) [28]. Considering that, alone, the non-
photocatalytic photolysis and dark-adsorption of AO onto TiO2 NPs were inefficient, the
enhanced degradation of the dye in Figure 1 can be assigned to a photocatalytic process on
the catalyst surface.

The photocatalytic degradation kinetics of AO were evaluated by simulating the
experimental data using a single exponential decay function. Here, the degradation rate
constant is considered to be linearly related to concentration of the dye, according to the
Langmuir–Hinshelwood (L–H) model [40,41]. The L–H equation is expressed as [40–42]

Ct = C0 exp(−kobst) (2)

where kobs is the observed degradation rate constant, and is determined from the single
exponential decay of Ct as a function of irradiation time, t.

As shown in Figure 1B, the data fit well with the L–H kinetic model, suggesting that
the heterogeneous photocatalytic degradation of AO is a pseudo-first-order reaction. This
is unambiguously supported by the linear correlation between lnCt/C0 as a function of
irradiation time. From this best fit, the degradation rate constant, kobs, of AO was estimated
to be 0.048 ± 0.002 min−1. In comparison, under the same experimental conditions,
the kobs value of AO is much slower than those of RHB (0.115 ± 0.005 min−1) and MB
(0.173 ± 0.019 min−1) [28].
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The photocatalytic degradation of AO must be proportional to the external mass
transfer of the dye onto the catalyst surface. In this sense, the mass transfer behavior of AO
was analyzed using the intraparticle diffusion model, given by [43]

C0 − Ct = kit1/2 + C (3)

Here, ki is the diffusion rate and C is the boundary layer thickness on the catalyst surface.
The simulation plot shown in Figure 2A demonstrates that mass transfer occurred

in three diffusion steps. There was slow diffusion with a ki of 0.89 µmol L−1 min−1/2

which occurred within 1 min of irradiation, and is associated with early diffusion of
AO onto the catalyst surface. This was followed by a fast and effective diffusion with
a ki of 5.69 mmol L−1 min−1/2. Finally, another slow diffusion step occurs, with a ki of
0.89 µmol L−1 min−1/2 at irradiation times longer than 40 min until the complete degrada-
tion of AO in the solution is achieved. It is noteworthy that extrapolation of the simulation
plot at early irradiation times passed the origin, implying that boundary layer thickness
can be assumed to be negligible. In other words, the diffusion rate of the dye in the solution
was comparable to that on the catalyst surface. This also provides an interpretation that
photodegradation byproducts of AO did not disturb the diffusion of the dye onto the
catalyst surface.
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Figure 2. (A) Simulation of kinetic data with the intraparticle diffusion model, and (B) an Arrhenius
plot of lnkobs against 1/T for the photocatalytic degradation of AO in the heterogenous aqueous
solution. The lines are the best fits. The activation energy of the photocatalytic degradation was
deduced based on the Arrhenius equation.

2.3. Effect of Temperature

The photocatalytic degradation of AO depends on diffusion and immobilization
of the dye onto the TiO2 NPs; hence, it should be affected by temperature. Figure S5
shows absorption spectra of AO solutions before and after UV light irradiation for 30 min
at different temperatures. The effect of temperature was then further analyzed based
on the kobs of AO photocatalytic decomposition. These results demonstrated that kobs
increased with the temperature, suggesting that diffusion and immobilization of the dye
on the catalyst surface were accelerated at higher temperature. Additionally, electron–hole
recombination is also believed to accelerate with increased temperature [27,44–46].

The activation energy (Ea) of the photocatalytic degradation of the dye was then evalu-
ated based on the effect of temperature (15–40 ◦C) on kobs by using the Arrhenius equation;

kobs = A exp(−Ea/RT) (4)

where A is the pre-exponential factor, R is the gas constant, and T is the temperature.
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Based on the Arrhenius plot of lnkobs as a function of 1/T shown in Figure 2B, the Ea
of photocatalytic degradation of AO on the TiO2 NPs was estimated to be 4.63 kJ mol−1.
For comparison, under the same experimental conditions, the Ea value of the photocatalytic
degradation of MB was 37.3 kJ mol−1 [27]. Thus, the potential barrier of the photocatalytic
degradation of AO on the catalyst surface is much lower than that of MB. Therefore, it can
be concluded that the oxidation reaction between AO and the generated O−

2
• and OH•

radicals on the catalyst surface is much more energetically favorable than it is for MB.

2.4. Effect of Various Parameters on the Photocatalytic Degradation of AO

As this photocatalytic degradation is an oxidation reaction of the dye on the catalyst
surface, at a certain temperature, the reaction should depend on various parameters, in-
cluding the dye concentration and catalyst dosage. Figure S6 shows the spectra of AO with
different initial AO concentrations (C0) before and after photocatalytic degradation. Based
on these spectra, the concentration of AO that was degraded during the photocatalysis, and
the η value, increased and reached an optimum condition with respect to concentration (C0).
This was followed by a nonlinear decrease, as seen in Figure 3. This finding highlighted
that the photocatalytic activity of the dye is related to the number of dye molecules in
the heterogeneous colloidal mixture, and the low η value at high initial concentration is
attributed to the well-known screening effect [47–49].
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Figure 3. (A) Plot of C0 − Ct; and (B) the η values of photocatalytic degradation of AO as a function
of the initial AO concentration (C0 ) in the colloidal mixture with 5 mg TiO2 NPs after irradiation for
30 min.

As shown in Figure S7, the catalyst dosage also affects the photocatalytic degradation
of AO. Based on the absorption spectra of AO before and after irradiation in the presence of
different dosages of TiO2 NPs, the degradation efficiency was found to decrease nonlinearly
with the catalyst dosage. This phenomenon is assigned to the inefficient photocatalytic
degradation of the dye at high catalyst dosages.

The photocatalytic degradation of AO was also followed in the presence of a small
amount (1–5%) of benzoquinone (BQ) and tert-butanol (t-BuOH) which scavenge O−

2
•

and OH• radicals, respectively. It was found that the η value of AO decreases abruptly
with the addition of BQ and t-BuOH, as shown in Figure 4A. This result confirms that the
degradation mechanism by UV/TiO2 NPs depends on the oxidation reaction of the dye
with both O−

2
• and OH• radicals, as has been described in several studies [50,51]. The

formation of O−
2
•, by reduction of solvated oxygen in the aqueous solution, is an important

step to prevent the recombination of the photogenerated electrons and holes [52]. High
concentrations of oxygen in the solution should reduce the recombination process and
hence assist the formation of both O−

2
• and OH• radicals. To explore this possibility, the

52



Catalysts 2022, 12, 975

effect of adding a small amount of H2O2 on the kobs of the photocatalytic degradation
of AO was evaluated, as presented in Figure 4B. The dissociation of H2O2 enhances the
concentration of oxidants. This accelerates the generation of O−

2
• and OH• radicals [53],

leading to a higher photodegradation rate, although the efficiency of AO after prolonged
irradiation time was almost unchanged (96.2–97.3%). Thus, the results further suggest that
the generation of O−

2
• and OH• radicals is the rate-determining step of the photocatalytic

degradation of the dye.
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Figure 4. Plots of η values of photodegradation of AO (35.06 µmol L−1) in aqueous colloidal solution
in the presence of 5 mg TiO2 NPs after irradiation for 30 min with the addition of (A) BQ (blue bars)
and t-BuOH (red bars), and (B) H2O2.

The effect of the pH of the medium on the η value of photocatalytic degradation of
AO is shown in Figure S8. At pH lower than 9, the η value increased with pH. The η value
reached a maximum value at pH 8–9, and then abruptly decreased at pHs above 10.

2.5. FTIR Analysis

Steady-state FTIR spectroscopy was used to search for large molecular fragmentation
of the products from the photocatalytic degradation of AO. For this analysis, the AO
solution after irradiation (see Figure S3) was collected and dried. The vibrational spectrum
was then measured in the spectral range of 4000 to 450 cm−1, as shown in Figure 5. For
comparison, the spectrum of AO before irradiation is also presented. The main vibrational
bands of AO before irradiation were observed at 3407, 3004, 1691, 1602, 1374, 1156, 941, and
821 cm−1, which are assigned to NH stretching of dimethyl amine, C=N stretching, CH
of aromatic rings, C=C stretching of aromatic rings, CH bending of aromatic rings, C–N
stretching, C–C stretching, and CH out-of-plane bending vibrations of the dye, respectively.
Similar spectral features of AO were reported by Mallakpour et al. [54].

It is important to note that the FTIR spectrum of AO after irradiation is similar to
that before irradiation. No new additional bands are clearly observed, except a broad
band at 600–900 cm−1 which could be assigned to the symmetric stretching vibrations of
O–Ti–O of anatase TiO2 NPs [55] remaining after the photocatalysis. This confirms that
the steady-state FTIR spectroscopy did not detect any photoproducts of AO; instead, it
detected the remaining AO and TiO2 NPs. This provides an interpretation that either the
photocatalytic products have low infrared cross sections or they are volatile and evaporated
during the photoirradiation or drying process, so that none of them were detected by the
steady-state measurement. In support of this latter argument, UV–visible spectra of AO
(and many other reported dyes) only show a reduction in absorption of AO, with no new
peaks being identifiable as coming from any large fragment degradation products.
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Figure 5. FTIR spectra of AO (A) before and (B) after photocatalytic degradation.

3. Discussion

In this study, the TiO2 NPs used as photocatalyst were pure anatase crystals, which
was confirmed based on FTIR spectra (not shown) and XRD patterns (see Figure S9). The
particle size of TiO2 NPs is approximately 100 nm with a BET surface area and pore volume
of 12.791 m2 g−1 and 0.05733 cm3 g−1, respectively [27]. With the bandgap energy being
3.20 eV, the 365 nm light irradiation easily excites the TiO2 NPs, generating electron–hole
pairs [56]. This is an advantage in the degradation of AO, because AO absorbs mainly in
the visible region. In this sense, the UV irradiation mostly excites the catalyst and, in any
case, the photolysis of the dye is inefficient.

As has been discussed in many studies, separation and migration of the photo-
generated charge carriers onto the catalyst surface is essential for the photocatalysts to
generate the OH• and O−

2
• radicals. With this in mind, the anatase phase of TiO2 has

been theoretically and experimentally revealed to possess high charge-carrier mobility
and low charge resistance [55,57], and hence it has high potential as photocatalyst. The
photocatalytic degradation of organic dyes is not only governed by the formation rate of
OH• and O−

2
• radicals on the catalyst surface. It should also be governed by the diffusion

and immobilization of dyes onto the catalyst surface as well as by the potential energy
barrier of the oxidation reaction of the dyes.

The diffusion of a dye in the colloidal solution depends on its hydrodynamic size
(related to its molecular structure) as given by the Einstein–Stokes relation. Although
there is no report of this for AO in the literature, the structure and size of MB and RhB are
approximately comparable to AO. Therefore, the diffusion constant (D) value of AO in
aqueous solution can be expected to be close to those of MB (6.74 × 10−6 cm2 s−2) [58] or
RhB (4.50 × 10−6 cm2 s−2) [59]. The D value is positively related to the diffusion-limited
rate constant (kD) by the generalized Smoluchowski equation, as given by

kD = 4πσD (5)

where σ is the encounter distance. As kobs is a proportionally related to kD, the kobs value of
AO can be considered to be comparable to those of MB and RhB. In fact, it was at least two
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or three times lower in this case compared to those of MB and RhB. A plausible reason for
the lower than expected kobs value measured for AO is its nonplanar structure, which is
due to the few degrees of rotation of both N,N-dimethylaniline moieties with respect to
their C−C bond. In order to examine the planarity of AO, ab initio structural optimization
was performed using Gaussian basis sets in Chem3D. The structure was optimized for 500
iterations, and the minimum RMS gradient was 0.1. As shown in Figure 6, the MM2 force
field suggests that the structure of AO in the gas phase is nonplanar with a torsion angle
between the two aromatic ring systems being ~40◦. A similar result was also observed
using an MMF94 force field, but the torsion angle of the optimized structure was larger
(~65◦). Although the polar environment in aqueous solution might suppress the rotation
of aromatic rings and alter the charge redistribution on AO, the calculation suggests a
relatively nonpolar structure of AO. The torsional dynamics could cause intramolecular
charge redistribution on AO, leading to strong to medium intermolecular friction, thus
slowing the dynamics of the photocatalytic reaction.
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The photocatalytic degradation behavior of AO should also be considered based on
the driving force to immobilize the dye on the catalyst surface. Considering that AO
is nonplanar and that the dimethylamino groups attached to the aromatic rings are not
favorable for hydrogen bonding interactions, AO could only possibly approach the surface
of TiO2 NPs through the methaniminium (=NH2

+) group through hydrogen bonding or
electrostatic interactions.

This description is supported by the observed pH dependence. It is well known that
the solution pH is effective in modifying the net charge on the surface of TiO2 NPs which
is known to be amphoteric [26]. The net surface charge turns from positive to negative
charge at pH 6.1 [60,61]. At a solution pH lower than 6.1, the positive charge on the catalyst
surface is not effective to support immobilization of AO towards the catalyst surface. On
the other hand, for pH higher than 6.1, there is electrostatic attraction of the surface to AO,
enhancing the photocatalysis of AO [62].

A similar observation was reported for the photocatalytic degradation of MB and
RhB in the presence of TiO2 NPs [27,28] or ZrO2 NPs [63]. The trend of photocatalytic
degradation efficiency was, therefore, that it increased from pH 7 to pH 10, as the ionic state
of AO was unchanged, until the solution pH reached a pKa value (pKa 9.8–10.7) [64]. The
change of ionic state of AO above pKa is also inferred by the decrease of the photocatalytic
degradation efficiency at pH higher than 10.

To obtain an accurate description of the photocatalytic degradation of dyes, the reac-
tion should be followed by liquid chromatography–mass spectroscopy or ultrafast spec-
troscopy [65,66], but such a detailed study of AO has not been reported. In fact, from this
work, it is not clear that significant degradation products remain in the solution, as they may
gasify. It is important to recall that AO has a methaniminium and two N-dimethylamino
groups attached to its aromatic rings. Based on steady-state vibrational spectroscopy (FTIR
Figure 5) and the photodegradation mechanism of related organic compounds, such as MB
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and RhB, and crystal violet [65], it is proposed that oxidation of AO should form Michler’s
ketone, which further undergoes N-demethylation by successive oxidation reactions to
form various intermediates, followed by destruction of the conjugated structure into small
compounds, such as CO2 and NH4

+, as shown in Figure 7. The fact that small volatile
molecular products are the final form of the photodecomposition products is supported by
FTIR and UV–visible spectroscopy, because no spectroscopic evidence for larger degrada-
tion products is seen. This is a null result and yet is has significance. The assignment of the
final product to gaseous small molecules is also backed up by reference [26,67].
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All of these oxidation steps, which are mediated by OH• and O−
2
• radicals, would

occur on or close to the immobilized dyes, where direct interactions are possible between
the organic molecules and the photochemically generated radicals on the catalyst surface.
A similar degradation mechanism was proposed in the electrochemical degradation of AO
by Hmani et al. [67], where the final product of the oxidation was CO2 gas.

4. Materials and Methods
4.1. Materials and Reagents

The chemicals used in the present experiment were analytical reagent grade of TiO2
NPs and AO chloride salt (C17H21N3.HCl; 303.83 g mol−1; CAS: 2465-27-2) which were
purchased from Sigma-Aldrich Co. (St.Louis, MO, USA) and were used without any further
purification. A stock dye solution was prepared by dissolving 100 mg of powdered AO
chloride in distilled water to obtain a concentration of 100 mg L−1. Experimental solutions
of a desired concentration were obtained by suitable dilutions.

4.2. Characterization of TiO2 Catalyst

In this study, the commercial TiO2 NPs were characterized in a previous study by
Suhaimi et al. [28]. The crystalline phase of the TiO2 NPs was determined based on their
X-ray diffraction (XRD) pattern which was measured using an XRD-7000 (Shimadzu, Kyoto,
Japan) with collimated Cu Kα radiation (λ = 0.15418 nm). As seen in Figure S9A, the
XRD pattern indicated a typical pure anatase phase with the main peak being observed
at 2θ = 25◦. This is in good agreement with the standard XRD pattern of anatase TiO2
(#JCPDS 84-1286). An SEM image scanned with an SEM-JSM-7600D (JEOL, Tokyo, Japan)
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indicated that the TiO2 NPs have regular spherical shapes with little agglomeration. Their
size was approximately 100 nm (see Figure S9B), which is similar to the report of Amini
and Ashrafi [68]. With this loose agglomeration, the TiO2 NPs in a colloidal solution can be
considered to have a high surface area to interact with AO molecules, thereby improving
its photocatalytic activity [66].

4.3. Photocatalysis Setup

The experimental setup for photocatalysis was reported previously by Suhaimi et al. [28].
Briefly, AO solution (20 mL) was mixed with a few milligrams of TiO2 NPs in a Petri dish
with a diameter of 7.5 cm and covered with a UV-transparent glass. They were gently stirred
on a temperature-controlled stage. The colloidal mixtures were irradiated from above 10 cm
distance using a UV fluorescent lamp (Vilber Lourmat, 6 W, 211 mm; Marne-la-Vallée cedex
3, France). The light power was reduced using an ND filter (6.25%), so that the light
power on the solution was 0.28 mW/cm2. After selected irradiation times, the mixtures
were centrifuged at 3000 rpm for 15 min. The filtrates were collected and analyzed by a
UV–visible absorption measurement in a 1 cm cuvette cell. All absorption measurements
were performed using a UV-1900 spectrophotometer (Shimadzu, Kyoto, Japan).

Prior to the photocatalysis experiments, photolysis (in the absence of TiO2 NPs) and
adsorption (in the dark) of AO on TiO2 NPs were evaluated otherwise using the same
experimental conditions. The direct photolysis of AO was monitored by irradiating the
dye solution, in the absence of catalyst, with 365 nm UV light using the same irradiation
geometry and power described above. After a desired irradiation time, the solution was
analyzed using a UV–Vis absorption spectroscopic measurement. “Dark” adsorption of
AO onto the surface of TiO2 NPs was evaluated by keeping the colloidal mixture in the
dark to equilibrate. After a selected contact time, the mixture was centrifuged using an
Eppendorf 8504 Centrifuge (Hamburg, Germany) at 3000 rpm for 15 min. The filtrate was
collected and analyzed using a UV–visible absorption measurement.

The effect of contact time was evaluated for the photocatalysis of AO in a colloidal
mixture of 20 mL (9.5 ppm or equivalent to 35.06 µmol L−1) of the dye with 5 mg TiO2 NPs.
The effect of the initial AO concentration was studied by adjusting the concentration to be
within 9.3 µmol L−1 and 110.8 µmol L−1 at a constant mass of TiO2 NPs (5 mg). On the other
hand, the effect of the catalyst dosage was evaluated by adjusting the mass of TiO2 NPs
(0.5–20 mg) in the mixture with a constant initial concentration of AO (35.06 µmol L−1).
Finally, the effect of temperature was investigated from the photocatalytic degradation
of AO in a mixture of 20 mL AO (35.06 µmol L−1) and TiO2 NPs (5 mg) at different
temperatures from 15 ◦C to 40 ◦C.

Fourier transform infrared (FTIR) spectroscopy was used to search for large-fragment
photoproducts potentially formed during the photocatalytic reaction. Here, after the
photoirradiation, the colloidal mixture was centrifuged, and the precipitated solid was
collected and dried in an oven at 40 ◦C. The vibrational spectrum of the dried solid then
was recorded on an FTIR (IRPrestige-21, Shimadzu, Kyoto, Japan) in a KBr disc.

5. Conclusions

In this study, the photocatalytic degradation of toxic cationic Auramine O (AO) in
aqueous solution on TiO2 nanoparticles (NPs) under 365 nm light irradiation was inves-
tigated. Prior to the photocatalysis experiments, photolysis-alone and dark-adsorption
of AO on TiO2 NPs were evaluated using the same experimental conditions. From this
it was found that both photolysis-alone and dark-adsorption were inefficient at reducing
the aqueous burden of AO. The effects of irradiation time, initial AO concentration, and
catalyst dosage on the photocatalytic degradation were evaluated in detail. The results
revealed that the photodegradation kinetics of AO can be described using the Langmuir–
Hinshelwood model, emphasizing that the oxidation reaction is pseudo-first order. The
photodegradation rate constant is 0.048 ± 0.002 min−1, which is slower than that of MB
(0.173 ± 0.019 min−1), due to the nonplanar structure of AO. At ambient pH, the photo-
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catalytic efficiency depends on the initial concentration of AO, and a maximum efficiency
as high as 96.2 ± 0.9% was achieved from a colloidal mixture of 20 mL (17.78 µmol L−1)
AO solution in the presence of 5 mg of TiO2 NPs. The photocatalytic efficiency of the dye
decreases nonlinearly with increasing the initial concentration and catalyst dosage. The
activation energy of the photocatalytic degradation of AO on the TiO2 NPs was estimated
to be 4.63 kJ mol−1. The photocatalytic degradation of AO was assessed by observing
the effect of pH, additional scavengers and H2O2, from which it was confirmed that the
degradation is due to an oxidation reaction of the immobilized dyes on the catalyst surface,
where they have direct interactions with photochemically generated OH• and O−

2
•. The

nature of the degradation products of photocatalytic removal of AO was evaluated using
Fourier transform infrared (FTIR) spectroscopy. The steady-state FTIR spectroscopy did
not show any detectable byproducts of photocatalytic degradation of AO. This implies
that, although the catalytic reaction may involve many organic intermediates, through
N-demethylation and successive oxidation reactions, the final photocatalytic products
were volatile compounds, such as CO2 and NH4

+, which escaped from the solution. The
overall results provide detailed description of photocatalytic degradation of toxic cationic
AO, a dimethylmethane fluorescent dye, in an aqueous heterogeneous solution on TiO2
NPs irradiated using 365 nm light. Finally, we confirmed that using TiO2 in the form
of NPs greatly enhanced the rate of AO removal from solution compared to the use of
micro-sized powders.
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and after irradiation; Figure S4: AO solution before irradiation and after irradiation before and
after centrifugation; Figure S5: Absorption spectra of AO in aqueous colloidal mixture with 5 mg
TiO2 NPs after irradiation for 30 min at different temperatures; Figure S6: Absorption spectra
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Abstract: Photocatalytic degradation employing metal oxides, such as TiO2 nanoparticles, as catalysts
is an important technique for the removal of synthetic dyes from wastewater under light irradiation.
The basic principles of photocatalysis of dyes, the effects of the intrinsic photoactivity of a catalyst,
and the conventional non-fundamental factors are well established. Recently reported photocatalysis
studies of dyes in single, binary, and ternary solute solutions opened up a new perspective on
competitive photocatalytic degradation of the dyes. There has not been a review on the photocatalytic
behavior of binary or ternary solutions of dyes. In this regard, this current review article summarizes
the photocatalytic behavior of methylene, rhodamine B, and methyl orange in their binary or ternary
solutions. This brief overview introduces the importance of the dynamics of immobilization and
reactivity of the dyes, the vital roles of molecular conformation and functional groups on their
diffusion onto the catalyst surface, and photocatalytic degradation, and provides an understanding
of the simultaneous photocatalytic processes of multiple dyes in aqueous systems.

Keywords: synthetic dyes; titania nanoparticle; photocatalytic degradation; mechanism

1. Introduction

The charming colors of the world originate from the light absorption and/or emission
of natural and synthetic dyes. Due to their attractiveness, these coloring agents are applied
in all products used in daily life, and throughout history, they have been utilized especially
in textile clothes, fabrics, paints, and foods. In ancient times, coloring agents were based
on natural dyes from plants and animals. Synthetic dyes have been intensively used since
their discovery in the nineteenth century [1]. The production and use of synthetic dyes
are continuously increasing, and in dying industries, these man-made dyes have taken
over natural dyes due to their brighter colors and relatively low production costs. Another
important reason is their stable colors, which can last for long periods of time. In addition to
having bright colors, synthetic dyes dissolve easily in water, resulting in easier and cheaper
manufacturing processes for the coloration of papers, plastics, leather, and foods and the
formation of strong chemical bonds with cottons, fabrics, polymers, and food ingredients.
There are about 105 varieties of dyes, and around 10% of them are used for coloring cottons,
fabrics, polymers, and food and/or printing [2,3], with their consumption rate being about
36 kilotons per year [4,5]. Notably, over 50% of the global consumption of dyes caused
an increase in dye contamination in water systems, particularly in developing regions of
Asia [6].
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Although textile, paper, leather, plastic, and rubber industries, in principle, handle
their respective effluents using treatment or storage systems, it was believed that up to 20%
of the effluent is released into wastewater and leached into the surrounding urban areas
by rainfall. The dye effluents are resistant to microbial attack, persist in the environment,
prevent light penetration, and lower the rate of photosynthesis, thus decreasing dissolved
oxygen levels, increasing the biochemical oxygen demand, and resulting in negative effects
on living organisms in the water systems [7]. The large-scale production and large indus-
tries utilizing toxic dyes on a massive scale eventually cause the contamination of water
systems and soil [8]. This extensive environmental pollution is highly poisonous to the
ecosystem and decreases agricultural productivity.

As dyes are mutagenic, carcinogenic, and toxic, they have chronic effects. Many dye
effluents have been associated with several acute health risks, such as hepatocarcinoma,
splenic sarcomas, occupational asthma, and bladder cancer, causing chromosomal aber-
rations and nuclear anomalies in animal cells [9]. Therefore, the removal of them from
wastewater before discharging them into the water systems is imperative [8–11], and re-
moving the dye effluents from wastewater could protect the water systems from harmful
pollution, and could recycling the spent water in the dyeing processes [11]. Although
synthetic dyes are resistant to many extreme conditions and cannot be removed using any
conventional wastewater treatments, research efforts have been devoted to the develop-
ment of biological, physical, and chemical methods [12]. Among the successful methods,
adsorption, photocatalysis, and ozonation have attracted great attention for eliminating
organic pollutants from wastewater due to their high removal efficiency, sustainability, and
selectivity [13–15].

Adsorption has been predominantly considered as the most promising and favorable
method for removing synthetic dyes from wastewater because of its simple technological
operation, as this method provides a simple route, operates at room temperature, and
achieves relatively high removal efficiency [16]. In this sense, activated carbon, silica gel,
polymeric ion exchange resins, and their nanocomposites and aerogels have been widely
used as adsorbents to remove a wide variety of dyes [17–21]. Although these materials
are considered excellent adsorbents due to their surface hydrophobicity, high surface
area, well-developed porous structure, and special surface reactivity [17,18], the process to
produce them is often rather expensive and forms secondary contaminated products. The
selection of adsorbent material becomes the most essential consideration in any adsorption
process. As a result, low-cost, sustainable, and renewable adsorbents have been intensively
explored [22].

Although agricultural wastes and clays account for the most explored materials for
cost-effective adsorbents, their adsorption ability to remove dyes is much lower than other
materials, such as composites and biopolymers [23,24]. The main reason is that, unlike the
adsorption of gasses, which is strongly governed by the surface area and porous structure
of the absorbents, the adsorption of dyes relies mainly on the intermolecular hydrogen
bonding and electrostatic interactions between the functional groups on the adsorbent
surface and dyes, as well as the conformational flexibility of the adsorbent when dispersed
in water [25]. Therefore, the search for new sustainable adsorbents for the removal of dyes
and their ability to be regenerated is still a research challenge [26,27]. Most importantly, the
adsorption process from wastewater should be optimized toward the simultaneous removal
of dyes from industrial effluents, which often contain multiple contaminants [11,27–31].
Similarly, biological methods are cost-effective, excellent at reducing odor and color, and
environmental-friendly [32,33]. However, these methods still require strict and inflexible
control of temperature and pH; otherwise, the synthetic dyes will take a long time to
degrade and a large amount of sludge will need to be disposed of in the process [33].
Another important point that remains an issue is the application of biological methods in
the removal of high concentrations of organic wastes.

On the other hand, heterogeneous photocatalysis has been demonstrated to be more de-
sirable in the removal of dyes from wastewater [34,35]. The photocatalysis can be operated
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using UV or white light in water treatment systems at ambient temperature and pressure
conditions. This method shows several advantages in the decolorization of wastewater due
to the low cost, easy waste disposal, environmental friendliness [36], and highly efficient
photocatalytic degradation [15]. Most importantly, the removal of dyes using photocatalysis
has been claimed to produce nontoxic or less harmful by-products [37–40].

Although most of the studies of photocatalysis of dyes have been reported since
the discovery of titanium oxide (TiO2) in the early 1970s, important contributions to the
understanding of this particular field were developed since the earliest establishment
of photocatalysis in water treatment systems [41]. The research on the phenomenon of
photocatalysis is continuously established to explore either new photocatalysts, new types
of dyes, new concept of photocatalysis, or the photodegradation mechanism of the synthetic
dyes. In general, all the contributions have developed knowledge of the photocatalysis of
dyes. It is well-known that the removal of dyes is due to their consecutive chemical reactions
with photochemically generated hydroxyl (OH•) and oxygen (O−

2
•) radicals, resulting in

the degradation of dyes on the surface of the catalyst [42,43]. It is conceivable that the rate
and efficiency of photocatalytic degradation of dyes depend on many factors; most of them
are the intrinsic photoactivity of the catalyst [44], the dynamics of immobilization and the
reactivity of the dyes with the photogenerated radicals on the surface of the catalyst [45].
These aspects of the photocatalytic degradation of the dyes are still deficient, while one
could always consider the conventional non-fundamental factors, such as irradiation time,
the ratio between dye concentration and the catalyst dosage, and the mediation of oxidative
agents. This current review article summarizes the vital roles of the crystal structure of
catalysts in their photocatalytic activity. It also highlights the molecular conformation and
functional groups of synthetic dyes that affect the rate and efficiency of photocatalytic
degradation of the dyes based on recently reported photocatalysis of dyes in single, binary,
and ternary solute solutions. Therefore, the objective of this review article is to provide an
insight into the importance of the dynamics of immobilization dyes (which are attributed
to their molecular conformation and functional groups) on their diffusion onto the catalyst
surface and their photocatalytic degradation.

2. Metal Oxide Semiconductors as Photocatalysts

The photophysical processes in photocatalysts are depicted in Figure 1. In general,
photocatalysts are regarded as harvesting visible and/or near UV light energy to pro-
mote the separation of charge carriers and to utilize them to degrade dyes. Most of the
studies have, therefore, been focused on metal oxide semiconductors due to their good
photoactivity, relatively low bandgap, biologically and chemically inert nature, strong
catalytic activity, high charge mobility and long charge carrier diffusion length, low cost,
and non-toxicity [46,47]. In this sense, when the sizes of catalysts are in nanometer scales,
the photocatalytic activity of the metal oxide semiconductors should be greatly increased.

With a bandgap energy of around 3.0–3.5 eV, the photocatalytic activity of TiO2, ZnO,
Mn3O4, CeO2, BiVO4, and BiOI/Bi2WO6 nanoparticles (NPs) has been intensively investi-
gated. These catalysts absorb photon energy in the UV region less than 420 nm [48–51], and
hence, their photocatalytic activity relies on UV light irradiation. This is advantageous for
the degradation of the dyes that absorb photon light in the visible region, as the UV light
irradiation can solely excite the catalyst and the spontaneous photolysis of the dyes can
be avoided. As the bandgap of the metal oxides can be modified by incorporating a small
number of metallic dopants, many researchers have successfully engineered the bandgap
energy so that the metal oxide NPs could have absorption in the visible region, allowing the
utilization of visible light or sunlight. By using this band engineering strategy, a large group
of visible-light-responsive metal-oxide-based catalysts have been synthesized, as have been
summarized in a number of review articles [52,53]. This means that these types of metal ox-
ide NPs can be excited by visible light, in contrast to TiO2, ZnO, Mn3O4, CeO2, BiVO4, and
BiOI/Bi2WO6 NPs, which are limited by UV light excitation. As dyes also absorb photon
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energy in the visible region, their photocatalytic degradation on visible-light-responsive
metal-oxide-based catalysts should compete with their spontaneous photolysis [54,55].
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Many studies have been focused on finding new metal oxides or incorporating metallic
dopants in the metal oxides as photocatalysts. It should be noted that the photocatalytic
activity of metal oxide NPs, which depends on the charge carrier separation, allowing
electron and hole transfers to generate OH• and O−

2
• radicals [42,56], must be explained

by the redox reaction of the charge carriers with water molecules and solvated oxygen.
Therefore, the potentials of oxidation–reduction of the valence band and the conduction
band with respect to those of H2O and O2 should be evaluated. In this sense, the metal
oxide materials are expected to have a redox potential of the photogenerated conduction
band to be more negative in order to reduce adsorbed O2 to superoxide. Simultaneously,
the redox potential of the photogenerated valence band hole has to be positive to produce
OH• radicals in order to subsequently oxidize the organic pollutant [57,58]. For instance,
the high photocatalytic activity of TiO2 NPs has a reduction potential (−0.5 V vs. NHE)
lower than O2 (−0.33 vs. NHE), allowing the electron transfer to generate a superoxide
radical (O−

2
•), and an oxidation potential (+2.7 V ns. NHE) higher than H2O (+2.53 V ns.

NHE), allowing a hole transfer to generate a hydroxyl radical (OH•) [42]. It is obvious
that the redox potentials of TiO2 make it a promising photocatalyst, though the O−

2
• and

OH• radicals are not spontaneously generated upon photoexcitation. The most important
factor for the formation of the radicals is the mobility of the charge carrier inside the
catalyst [54,56]. The crystal structure of the catalyst plays an important role in accelerating
the charge carrier mobility and in suppressing the recombination of an electron–hole. With
this in mind, Luttrell et al. pointed out that, among the different crystal phases of TiO2
crystals, the anatase phase has the best performance in suppressing the recombination of
an electron–hole [56], as has been experimentally observed [59].

The O−
2
• and OH• radicals are generated by an exciton and hole after their migration

onto the catalyst surface [56], which are then involved in the oxidative reaction of synthetic
dyes [60]. The photocatalytic activity of TiO2 NPs could be improved by enhancing the
rate of immobilization of dyes onto the catalyst surface and by suppressing the electron–
hole recombination by designing them in the form of composites with polymers [61], clay
minerals [62], and ZnS shell structures [63]. In the presence of TiO2 NPs as catalysts,
regardless of their crystalline phase, the photocatalytic degradation rate of synthetic dyes
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has been found to depend on diffusion, immobilization, and oxidation reactions with
O−

2
• and OH• radicals on the catalyst surface [64]. In this sense, there are many metal

oxides that exhibit low photocatalytic activity because of the exciton-hole recombination.
Such recombination results in low quantum efficiency and, hence, a low probability of
generating O−

2
• and OH• radicals on the catalyst surface. The other important parameter

is the surface area of the catalyst. It has been revealed that the photocatalysis is an ultrafast
process [65], which requires the dyes to be in chemical contact with the radicals on the
catalyst surface. This means that if the diffusion of the synthetic dyes onto the catalyst
surface is much slower than the radical formation, the generated radicals are dissolved
in the solution and such solvated radicals will quickly decay into non-reactive species;
thus, no photocatalytic degradation reaction occurs. This results in the breakdown of the
conjugated system of the dyes to produce final products such as CO2, H2O and other small
organic molecules [66–68].

It is very interesting to highlight the effect of a dopant on the electron–hole recombina-
tion. In several photocatalytic studies, the bandgap engineering has been successfully per-
formed by the incorporation of metallic dopants, thus lowering the bandgap energy, which
has been claimed to optimize the photoexcitation utilizing visible light or sunlight and
enhance the photocatalysis of dyes [69]. However, many reports stated otherwise [70,71].
The latter is rationalized by considering that defects in the crystalline structure due to
the incorporation of metallic dopants create trapping states (or dopant states), enhancing
the rate of the electron–hole recombination. This has also been clearly demonstrated in
the photocatalytic conversion of acetic acid to carbon dioxide on metal-doped graphitic
carbon [72].

Photocatalysis can be assisted by the presence of a small amount of hydrogen peroxide
(H2O2) due to its good capability of oxidizing the photogenerated electron on the catalyst
surface to form an OH• radical [73,74]. The peroxide dissociation is also accelerated
under UV light irradiation, and eventually leads to the formation of OH• radicals in the
solution that readily oxidizes and degrades the dyes [74]. Therefore, in the presence of
H2O2, in addition to the photocatalysis process on the catalyst surface when irradiated
with light energy, direct oxidation by the formation of an OH• radical in the solution also
contributes to the degradation of synthetic dyes, although the direct degradation produces
different mechanisms and products from those resulted from the photocatalysis process.
The degradation of dyes due to the spontaneous dissociation of H2O2 is relatively slow and
inefficient. Nevertheless, the additional H2O2 in the photocatalysis is used to examine if
the formation of O−

2
• and OH• radicals are the rate-determining step of the photocatalytic

degradation of dyes.
It is conceivable that, due to their photoactivity, the catalysts should always generate

electron–hole pairs. After their migration onto the catalyst surface, depending on the redox
potential of the catalysts, the exciton and hole could form the O−

2
• and OH• radicals [56].

Radical scavengers intentionally added into the mixture of dyes with photocatalysts in
an aqueous system, such as tert-butanol and benzoquinone, which scavenge OH• and
O−

2
• radicals, respectively, inhibit the oxidation reaction of the dyes. The mechanism

of photocatalytic degradation of dyes is therefore evaluated based on the observation
of whether the degradation efficiency of the dyes is affected by the additional radical
scavengers or not. The bottom line is to find out which kinds of radicals are formed by the
catalysts and which kinds of radicals play a role in the oxidative decomposition of the dyes.

Another important successful approach is the combination of the photocatalysis with
sonication [75,76]. The additional treatment by applying 20–1000 kHz ultrasonic waves
in the photocatalysis has been demonstrated to induce cavitation bubbles, which could
generate H• and OH• radicals, enhancing the degradation of organic dyes. It should be
understood that, in this so-called sonophotocatalysis, the intrinsic photocatalytic activity of
catalysts and photocatalytic degradation of hydrophilic dyes are unchanged. However, the
additional sonication is very useful in degrading hydrophobic compounds in wastewater
containing multiple synthetic dyes via sonolysis [75,76].
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As mentioned above, owing to their good photoactivity and suitable bandgap with the
incident light excitation, metal oxides such as TiO2, ZnO, WO3, Mn3O4, CeO2, and BiVO4
NPs are excellent photocatalysts. These photoactive metal oxides have some advantages
of being easy to manufacture into a variety of morphologies and nanostructures (such
as nanospheres, nanorods, nanowires, and nanofibers), abundant, and inexpensive [77].
In addition to their suitable redox potential to reduce or oxidize oxygen and water, the
reusability and stability of photocatalytic materials have also been of interest [78]. In this
sense, some of the metal oxides suffer from several drawbacks. For instance, TiO2 and
ZnO NPs are amphoteric and have poor chemical stability at high pH of a medium [79],
BiVO4 and Fe2O3 NPs have poor charge carrier mobility in the crystal lattice and slow
oxygen kinetics on the particle surface, whereas WO3 NPs undergo peroxidation and
photocorrosion during the photocatalytic process [80]. Nevertheless, as the crystal structure
and the surface of the mentioned metal oxides remain unchanged after the photoexcitation
and washing with water, the photoactive catalysts can be recovered, regenerated, and
reused [81]. Recycling of the nanostructured photocatalysts from electronic waste, such as
printed circuit boards and batteries, has also opened up a new pathway of photocatalysis
of recalcitrant dyes to be more efficient in terms of synthesis cost, environmental risks,
electronic waste valorization, and waste disposal management [82].

3. Synthetic Dyes

Most of the synthetic dyes utilized by the textile clothes, fabrics, paints, and foods
available in the market are categorized as chromophoric or auxochromic dyes. These dyes
are classified into direct dyes, reactive dyes, indigo dyes, mordant dyes, nitro dyes, azo
dyes, sulfonate dyes, basic dyes, and acidic dyes, depending on their chemical structure
and their functional groups [9,83,84]. Common chromophoric dyes include azo (-N=N-),
carbonyl (-C=O), ethenyl (-C=C-), nitro (-NO2 or =NO-OH), imino (-C=N-), thiocarbonyl
(-CH=S), nitroso (-N=O) moieties. Auxochromic dyes are related to their functional groups,
such as amino (-NH2), carboxylic (-COOH), suphonyl (-SO3H), alkoxyl (-OR), hydroxyl
(-OH), and quinoid rings [9,85]. The number of functional groups present in dyes is
responsible for the intensity of color. Amongst these chemically synthesized dyes, azo
dyes containing auxochromes are widely used by textile, paper, leather, plastic, and rubber
industries in large quantities, e.g., 60–70% of the total synthetic dyes, due to their push–pull
effect on intramolecular electron delocalization and, hence, intense light absorption, bright
emission, and excellent speed properties [9,83,84,86]. The azo dyes are well-known for
their good solubility in water and their harmful impacts on aquatic organisms [87] and
human health [88] when discharged directly into water systems.

In the literature, there are still no reports of the effluents of synthetic dyes that are
mixed in industrial wastewater, but it is believed that textile industries may use multiple
coloring agents at the same time in the dyeing process and produce multiple dyes in their
wastewater [11]. Although the impacts of water containing multiple dyes have also not
been reported, one could consider that possible synergistic effects of the dye effluents
might cause more harmful health effects than wastewater of single solute solutions of
dyes. The multiple dyes also have different photocatalytic degradation reactions due to
their chemical structures and functional groups. In many studies, auxochromic dyes are
demonstrated to undergo photocatalytic degradation reaction easily [37–40]. As it has been
discussed in the literature for methylene blue, rhodamine B, crystal violet, and auramine O,
the auxochromic dyes become unstable upon reaction with O−

2
• and OH• radicals and un-

dergo N-demethylation or N-deethylation through successive oxidation reactions [37–40].
The conjugated structure of the dyes is destructed via various intermediates into small
volatile compounds, such as CO2, NH2, and NH4

+, which may gasify and escape from the
solution [37–40,89].

Comparing the rate and efficiency of the photocatalytic degradation of different
auxochromic dyes is not an easy task because of the different photocatalytic setups and
experimental conditions in each reported paper. By comparing the photocatalytic degra-
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dation of six different auxochromic dyes, i.e., methylene blue, rhodamine B, crystal violet,
methyl violet, brilliant green, and malachite green, Zulmajdi et al. reported that although
the dyes have slightly different degradation rates, they have almost similar efficiencies, and
all of them can be completely depleted [15]. However, this finding still does not resolve the
factors that control the photocatalytic degradation of auxochromic dyes, which could be
related to their chemical structures. The important findings are given by the photocatalytic
degradation behavior of methylene blue and rhodamine B in the binary solute solution [45]
and methylene blue, methyl orange, and rhodamine B in the ternary solute solution [90],
ensuring all the experimental conditions are the same. It was revealed that the dyes with
planar structure and smaller size have a faster rate and a higher efficiency of photocat-
alytic degradation [45,90]. This provides an interpretation that the rate and efficiency of
photocatalytic degradation of dyes are controlled by their diffusion in the solution and
their immobilization dynamics onto the catalyst surface, in addition to the potential energy
barrier of the oxidation reaction of the dyes.

4. Parameters Affecting the Rate of Photodegradation of Dyes

In heterogeneous photocatalysis, a typical experimental setup should consist of a
suitable light source (UV lamp, visible lamp, or natural light source such as sunlight),
magnetic stirrer, and a reactor or petri dish containing a dye solution, photocatalyst, and
a magnetic bead. Although sunlight is naturally available in abundance, which can be
regarded as an alternative cost-effective light source, artificial UV irradiation provides
better reproducible results than sunlight with a higher degradation efficiency of dyes [91].
As mentioned above, the use of UV irradiation in photocatalysis could minimize the
spontaneous photolysis of dyes.

As mentioned above, the intrinsic properties of photocatalysts, including the crys-
tallinity and surface chemistry, play a role in the photocatalytic activity of metal oxide
catalysts. In addition, it is well-known that catalysts with smaller particle sizes, which
have a higher surface-to-volume ratio, have higher photocatalytic activity. In this sense, the
energy band structure remains intact, suggesting that the particle size does not change the
electronic structure of the catalyst; however, one could consider that the surface phonon is
enhanced, and the excited energy is highly confined. Therefore, it is also widely accepted
that the particle size determines the charge-carrier dynamics. In this sense, the electron–
hole recombination tends to reduce in the catalysts with smaller sizes, and hence, their
photocatalytic activity is enhanced [92,93].

The performance of catalysts and photocatalytic degradation of dyes in single, binary,
or ternary solute solutions are also determined by several conventional non-fundamental
parameters, such as the irradiation time, initial concentration, catalyst dosage, and tem-
perature. The effect of irradiation time is used to decipher the photocatalytic degradation
kinetics. Based on the assumption that dyes degrade according to the first-order kinetic
reaction, as described by the Langmuir–Hinshelwood (L–H) model [94–96], the kinetics of
the heterogeneous photocatalytic degradation of each dye is usually evaluated by a single
exponential decay function, as given by

Ct = C0 exp(−kobst) (1)

where kobs is the observed photocatalytic degradation rate constant and is determined from
the single exponential decay of Ct as a function of irradiation time, t. It should be noted
that this L–H model is, however, a simplified process of photocatalysis, which involves
complex multistep processes. The most important consideration of this model is that
there is no interaction between dyes in solution, and all of them would be completely
degraded, regardless of the kobs value. In other words, the dyes will reach 100% efficiency
of photocatalytic degradation. In fact, in many cases, the dyes are not completely degraded,
and thus have lower photodegradation efficiency (η), much lower than 100%, even under
elongated continuous light irradiation. In this sense, it is proposed that the degradation
reaction of dyes involves many transition states and various intermediates, or the reaction
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undergoes different pathways so that there is a backward reaction, and the photocatalytic
degradation eventually reaches an equilibrium. By comparing the effects of the conven-
tional non-fundamental parameters on the photocatalytic degradation of dyes, such as kobs
and η, in their single solutions and in binary or tertiary solutions, as summarized in Table 1,
one could anticipate simultaneous photocatalysis of the multiple dyes with respect to their
individual photocatalytic degradation.

Table 1. Photocatalytic experimental conditions and observed photocatalytic degradation efficiency
and rate of methylene blue, rhodamine B, and methyl orange in their single solute, binary, or
ternary solutions.

Experimental
Conditions Single Solute Solution

Binary or
Ternary

Solutions
Ref.

pH 6.7
Concentration:
Methylene blue
= 2.0 × 10−5 M
Rhodamine B

= 2.0 × 10−5 M
Catalyst:

TiO2
0.25 g/L

Irradiation time:
180 min

Methylene blue
η = 93.1%

kobs = 0.173 min−1

D = 6.74 × 10−6 cm2 s−1

Rhodamine B
η = 96.1%

kobs = 0.115 min−1

D = 4.50 × 10−6 cm2 s−1

Methylene
blue

η = 92.3%
kobs = 0.151

min−1

Rhodamine B
η = 20.5%

kobs = 0.025
min−1

[45]

pH 6.5
Concentration:
Methylene blue
= 1.56 × 10−5 M

Rhodamine B
= 1.04 × 10−5 M
Methyl orange

= 1.53 × 10−5 M
Catalyst:BaTiO3/Bi2WO6

0.03 g/L
Irradiation time:

120 min

Methylene blue
η = 99.9%

kobs = 0.017 min−1

D = 6.74 × 10−6 cm2 s−1

Rhodamine B
η = 94.1%

kobs = 0.023 min−1

D = 4.50 × 10−6 cm2 s−1

Methyl orange
η = 69.8%

kobs = 0.010 min−1

D = 7.53 × 10−6 cm2 s−1

Methylene
blue

η = 34.9%
Rhodamine B

η = 5.5%
Methyl orange

η = 83.5%

[90]

As has been reported in many photocatalysis of dyes in single or binary solute solu-
tions, the initial concentration of the dyes affects their photocatalytic degradation. It is
rational to consider that higher initial concentration of dyes generates a competitive effect
of the dye molecules to diffuse in close vicinity to the catalyst surface. As a result, their
photodegradation rate decreases. It is also noteworthy that high initial concentration of
dyes can hinder light penetration into the solution. This so-called screen effect may reduce
the number of incident photons to excite the catalysts. Therefore, the removal rate tends to
decrease exponentially with the initial dye concentration at the same irradiation time [97].

It was noted that an increase in catalyst dosage results in an increase in photodegrada-
tion rate up to a certain weight and saturates at high catalyst dosages [34]. An increase in
catalyst dosage also indicates a larger surface area, which provides more exposure for O−

2
•

and OH• radicals. Because the dye degradation rate is directly proportional to the mass of
photocatalyst, above the established saturation point, the reaction rates may be decelerated.
This can be suggested due to the prevention of light from penetrating into the solution due
to an agglomeration of the photocatalyst, and as a consequence of overdosing, the number
of radicals is decreased, thus resulting in a decrease in photocatalytic performance [15,98].

The effect of temperature on photocatalytic degradation can be considered as an
important factor in term of diffusion. In many photocatalysis studies of dyes in single
and binary solute solutions, increasing the reaction temperature in the range of 10–50 ◦C
enhances kobs [45,89], suggesting that, within this temperature range, the photocatalytic
degradation rate was increased due to higher diffusion of the dyes onto the catalyst
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surface [99,100]. Based on the temperature-dependent kobs, one could always determine
the activation energy (Ea) of the photocatalytic degradation using the Arrhenius equation;

kobs = A exp(−Ea/RT) (2)

where A is the pre-exponential factor, R is the gas constant, and T is the temperature. In this
sense, the Ea value just reflects an average energy barrier and thermodynamic favorability
of the photocatalytic degradation reaction of individual dyes, but it is not necessarily that
of the oxidation reaction between the dyes and the generated O−

2
• and OH• radicals.

The effect of pH on photocatalytic degradation has been explored, but it is not straight-
forward, as the pH of the medium affects the chemical properties of both catalysts and
dyes. In particular, charge on dyes and the characteristics of the catalyst surface can be
modified by pH. Consequently, the diffusion and photocatalytic degradation of the dyes,
as well as the reaction mechanism of the photoinduced dye degradation, are affected, as
summarized by Reza et al. [101]. In this sense, the interaction between the dyes and the
catalyst surface, and hence, the dynamics of the immobilization and reactivity of the dyes
with the photogeneration on the surface of the catalyst, are modified. The pH also shows a
pronounced effect on the electrostatic interaction between dyes and the catalyst surface.
Abdellah et al. [102], Suhaimi et al. [45], and Kong et al. [89] reported that the photocat-
alytic degradation of methylene blue, rhodamine B, and auramine O on TiO2 NPs generally
increased at a pH value of 3 to 7. In this sense, these results are explained by considering
the pKa of the dyes and the point of zero charge of anatase TiO2 NPs (pH 6.1) [103]. Thus,
TiO2 NPs have a positive charge at low pH and gain a negative charge at pH > 6.1 towards
alkalinity, modifying the electrostatic interactions and dynamics of immobilization of dyes
on the catalyst surface. It is interesting to note that Suhaimi et al. showed a similar effect
of pH on the photocatalytic degradation of methylene blue and rhodamine B in a binary
solution, suggesting that each dye maintains its respective diffusional mass transfer onto
the catalyst surface over a wide range of pH [45].

In other studies, the dynamics of immobilization of dyes has been anticipated, so that
the effect of the adsorption of the dyes on their photocatalytic degradation was evaluated
after keeping the mixture of dyes with TiO2 NPs in an aqueous system in the dark [104]. In
this sense, the photocatalytic degradation of dyes effectively occurred after the mixture was
kept for 48 h in the dark, suggesting that deposition of the dyes onto the catalyst surface
due to the adsorption process played an important role. In other words, photocatalysis
of the preexisting dyes on the catalyst surface due to Le Chatelier’s equilibrium principle
improves the degradation efficiency. However, during the photocatalytic degradation, it
would be more reasonable to consider the dynamics of immobilization rather than the
adsorption of the dyes onto the catalyst surfaces, as the adsorption–desorption equilibrium
should be disrupted under light irradiation.

5. The Effect of Magnetism of the Photocatalyst in the Photocatalytic Activity

Recently, the effect of the magnetic field on the photocatalytic degradation of dyes on
TiO2 NPs has been reported by Bian et al. [104]. For instance, an applied magnetic field
of as low as 0.28 T enhances the degradation rate of methyl orange by 24% as compared
with that under zero magnetic field [104]. It was revealed that the macroscopic and
microscopic structures of the TiO2 catalysts are unchanged in the presence or in the absence
of a magnetic field, suggesting that the enhanced degradation of the dyes is due to an
increase in the photocatalytic process rather than to the nature of the catalyst. Firstly,
under an applied magnetic field, the recombination of the photogenerated electron–hole
could be suppressed, and thus the charge carriers migrate onto the catalyst surfaces more
efficiently [105]. Moreover, the applied magnetic field could polarize the chemical bonds
on the catalyst surfaces and induce the Lorentz force on the generated charge carriers [106].
As a result, the applied magnetic field accelerated the movement of charge carriers and
the adsorption or immobilization of dyes onto the catalyst surfaces, leading to higher
degradation rate of the photocatalysis of the dyes [104].
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It is noteworthy that the magnitude of the Lorentz force is linearly related to the
magnetic field intensity. Thus, the electron–hole recombination, the migration of charge
carriers, the adsorption of dyes onto the catalyst surfaces, and hence, the photocatalytic
degradation of dyes are influenced by the intensity of the applied magnetic field [107,108].
A relatively high magnetic field intensity has been revealed to suppress the degradation
of dyes. One possible explanation is that the formations of O−

2
• and OH• radicals on the

catalyst surface are interrupted by the strong Lorentz force exerted on the charge carriers
so that the oxidation reaction of the immobilized dyes does not occur. In addition to the
magnetic field intensity, the diffusion length of the charge carriers in the crystal structure of
the catalyst should also be considered. In this sense, Bian et al. estimated that the diffusion
length of the generated electron and hole in a TiO2 lattice is approximately 10 nm [104].
Therefore, the effect of the Lorentz force exerted on the charge carriers should be more
obviously observable when the particle size of TiO2 is around 10 nm or less, which is
comparable to the diffusion length of the generated electron and hole. This conclusion has
been demonstrated in the study reported by Bian et al. [104].

6. Diffusion of Dyes onto the Catalyst Surface

With the assumption that the degradation of dyes is proportional to the external
mass transfer, the diffusion of dyes onto the catalyst surface can be analyzed based on
the time-dependent photocatalytic degradation of the dyes in single, binary, or ternary
solute solutions. Among the established diffusion models, the Weber–Morris intraparticle
model provides the rate and profile of the external mass transfer of dyes onto the catalyst
surface [109];

C0 − Ct = kit1/2 + C (3)

Here, ki is the diffusion rate, and C is the boundary layer thickness on the catalyst surface.
The profile of external mass transfer of dyes was deduced based on the plot of the

intraparticle model. Typically, a fast diffusion and effective degradation of the dyes was
observed at an early irradiation time, followed by a slower diffusion at longer irradiation
times until the dyes in the solution reached an equilibrium. Extrapolation of the Weber–
Morris plot at time zero can provide an interpretation of the boundary layer thickness as
well as the different diffusion rate of dyes in the solution and on the catalyst surface.

The diffusion of dyes in solution should be related to their respective hydrodynamic
size, as reflected by their diffusion constant (D) value (see Table 1). As the photocatalytic
degradation depends on the diffusion and migration of dyes onto the catalyst surface, the
diffusion-limited rate constant (kD) of the dyes should be proportional to their respective
D value, as given by the generalized Smoluchowski equation;

kD = 4πσD (4)

Here, σ is the encounter distance. Consequently, the kobs or ki value of the dyes is positively
related to the respective D value.

By comparing the kobs value of each dye in a single solute solution and those in binary
or ternary solute solutions, one could interpret the role of the molecular and conformational
structures of the dyes with the rate and efficiency of their photocatalytic degradation. With
this in mind, Suhaimi et al. suggested that the planar conformation and relatively smaller
size of methylene blue, as reflected by its higher D value, are the reasons for its domination
in photocatalytic degradation over rhodamine B in the binary solution of these dyes [45].
Similar findings have been reported by Wang et al. in the photocatalytic degradation of
the ternary solution of methylene blue, rhodamine B, and methyl orange using a novel
BaTiO3/Bi2WO6 heterojunction photocatalyst, where the photodegradation performance
was dominated by methyl orange [90]. Recently, Kong et al. pointed out that the non-planar
structure of auramine O, with a torsion angle between its two aromatic ring systems being
~40◦, and the non-favorable dimethylamino groups attached to the aromatic rings for
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hydrogen bonding interactions to approach the surface of TiO2 NPs are the reasons for the
low kobs value of this dye [89].

Based on the above argument, one could anticipate that the catalytic degradation
of organic pesticides on photocatalysts should also be governed by the diffusion of the
pesticides onto the catalyst surfaces [110]. However, the photocatalytic degradation of the
organic pesticides was suppressed by the presence of activated carbon support [111]. The
organic compounds are well adsorbed and fill up the pore structures on the surfaces of the
activated carbon/TiO2 composites NPs. The adsorption then hinders the diffusion of the
organic compounds onto the catalyst surfaces. This has also been supported by the lower
degradation of organic pesticides at their higher concentrations, which acts as a driving
force in the adsorption process, most probably due to the faster saturation of the composite
surfaces [112].

7. Conclusions

The heterogeneous photocatalysis, which is initiated by light radiation in the presence
of metal oxide nanoparticles, has been proven as one of the promising methods for the
removal of a large variety of dyes. This brief review focuses on the photocatalytic degra-
dation of dyes for evaluating their overall rate and efficiency based on recently reported
photocatalysis of the dyes in single, binary, and ternary solute solutions. While the basic
principles of photocatalysis of dyes are explained, the effects of the intrinsic photoactivity
of catalyst and the conventional non-fundamental factors are elucidated in detail. The
importance of the dynamics of immobilization and reactivity of the dyes with the pho-
togenerated radicals on the surface of the catalyst has been highlighted. The diffusion
of dyes onto the catalyst surface is reflected by the average degradation rate of the dyes
and can be analyzed based on the degradation kinetics. By comparing the degradation
kinetics and diffusion of the dyes, it is revealed that those with planar conformation and
smaller size dominate in photocatalytic degradation in their binary or ternary solutions.
Overall, this current review article emphasizes the vital roles of the molecular conformation
and functional groups of synthetic dyes in their photocatalytic degradation. Nevertheless,
further studies of the molecular structure, steric hindrance, diffusion, immobilization onto
the catalyst surface, and synergetic-photosensitization effect of the dyes are some plausible
factors to be explained and still remain a research challenge in photocatalysis. Another
challenge in the future is the recovery, regeneration, and reuse of the photoactive catalysts,
as their crystal structures and surfaces should remain unchanged after the photoexcitation.
Moreover, deriving nanostructured metal oxides from electronic waste, such as printed
circuit boards and batteries, is a challenging research area and opens up a new pathway
of photocatalysis of recalcitrant dyes to be more efficient in terms of synthesis cost, envi-
ronmental risks, electronic waste valorization, and waste disposal management, so that
the photocatalysis keeps its record as the cleanest and most eco-friendly process to remove
dyes from wastewater.
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Abstract: Herein, nitrogen (N) and sulfur (S) co-doped graphene quantum dots (GQDs) using
different one-dimensional (1-D) carbon nanomaterials as precursors were synthesized, followed
by heterojunction formation with TiO2. GQDs exhibit unlike physiochemical properties due to the
disproportionate ratio of N and S heteroatoms and dissimilar reaction parameters. Tailored type-II
band gap (Eg) alignment was formed with narrowed Eg value that improves photogenerated electron
transfer due to π-conjugation. GQDs-TiO2 nanocomposites exhibit remarkably high methylene blue
(MB) degradation up to 99.78% with 2.3–3 times elevated rate constants as compared with TiO2.
CNF-GQDs-TiO2 demonstrates the fastest MB degradation (60 min) due to the synergistic effect
of nitrogen and sulfur doping, and is considered the most stable photocatalyst among prepared
nanocomposites as tested up to three cyclic runs. Whereas, C–O–Ti bonds were not only responsible
for nanocomposites strengthening but also provide a charge transfer pathway. Moreover, charge
transport behavior, generation of active species, and reaction mechanism were scrutinized via free-
radical scavenger analysis.

Keywords: photocatalytic degradation; graphene quantum dots; nanocomposites; free radical generation

1. Introduction

Environmental catastrophes and energy crises have become the main challenges in
recent decades because of their severe social and economic impact on humankind [1,2].
Heterogeneous photocatalysis has recently attracted enormous attention because of its
green attributes and efficient applicability. Due to their favorable properties such as suitable
bandgaps, good chemical stability, and strong oxidizing ability, semiconductor photocata-
lysts [3–5] (e.g., ZnO, WO3, CdS, CdSe, PbS, TiO2, and SnO2) and some biocomposites [6,7]
have been extensively used to decompose organic pollutants [8]. Among the semiconductor
photocatalysts, titanium dioxide (TiO2) appears to be a highly efficient, stable, nontoxic,
and inexpensive photocatalyst [9,10]. TiO2 containing 80% anatase and 20% rutile, named
Degussa P25 TiO2, is widely known to exhibit high performance because the mixed-phase
material exhibits a slower recombination rate, higher photo efficiency, and lower light
activation energy as compared with pure-phase anatase or rutile [11,12]. Despite its wide
range of applications, good performance, and high stability, the use of TiO2 is restricted by
its narrow ultraviolet light range response resulting from the intrinsic wide energy bandgap
of the anatase phase [13] and its low quantum efficiency due to the high recombination rate
of photogenerated charge carriers in the rutile phase [14].
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Various methods have been used to further expand the optical UV-vis absorption
region of TiO2 and to enhance the efficient light-induced charge separation. Numerous
approaches to modifying TiO2 via doping [15,16], semiconductor coupling [17], compos-
ite formation with carbon nanomaterials [18–21], and chemical treatment [22] have been
explored to overcome the aforementioned shortcomings [23]. The best option reported
thus far for spanning the UV-vis spectrum is combining TiO2 with typical narrow-bandgap
quantum dots (QDs) of different semiconductors and carbon quantum dots (CQDs) [24–28].
To establish a proper channel among the QDs and TiO2 for effective induced charge separa-
tion, heterojunction formation is critical. Despite the incorporation of QDs, photocatalytic
activity has not been remarkably improved because of the high instability, rich surface
traps, and inevitable photo-oxidization of QDs [29]. Moreover, the use of heavy-metal ions
(e.g., Zn, Cu, Cd, and Pb) which are toxic, raises concerns about environmental and human
safety [30]. Therefore, the development of an eco-friendly, highly efficient, and recyclable
catalyst that can efficiently harvest solar energy and form heterojunctions under suitable
conditions is a formidable challenge.

Recently, CQDs have emerged as materials that introduce new possibilities for the
development of heterojunctions because of their novel electronic and optical properties
with improved photocatalytic activity. As a unique class of CQDs, graphene quantum dots
(GQDs) are a nontoxic metal-free zero-dimensional (0D) material usually composed of one
or a few layers of graphene and with diameters in the nanometer range [31]. GQDs have
a wide range of applications in energy conversion, bio-imaging, drug delivery, sensing,
solar energy conversion [32], and light-emitting diodes [33]. Moreover, they exhibit strong
fluorescence and semiconducting properties that arise from their pronounced edge effects,
quantum confinement, and functionalities [34]. The substantial UV-vis absorption capability
of GQDs is provided by the π-plasmon absorption effect [35]. GQDs possess a tunable
wide energy bandgap that can be altered by changing the size and functionalities on edge
sites [36]. In addition to these merits, pure GQDs have a large exciton binding energy
(0.8 eV calculated for 2 nm GQDs), which enhances the recombination rate, resulting in poor
catalytic behavior [37]. Doping of different atoms such as nitrogen (N) and sulfur (S) into
the lattice of GQDs has been reported to be the most effective approach to modifying the
electronic, optical, and transport properties of GQDs to achieve fast electron transfer [38,39].
Shen et al. have reported that coupling of N- and S-GQDs with other materials results
in the formation of an advanced hybrid photocatalyst that promotes photocatalysis [40].
Previous reports have indicated that TiO2 nanoribbons and carbon nanotube composites
exhibit faster photocatalytic degradation of methylene blue (MB) than TiO2 alone [41].
Graphene and titania interfaces as Schottky-like nanocomposites for efficient photocatalysis
have been reported [42]. Zhu et al. suggested a self-assembly method for preparing WSe2-
graphene-TiO2 for dye degradation and hydrogen production [43]. C–O–Ti bond formation
has been reported in TiO2-graphene composites as a result of free-electron interactions [44].
However, to the best of our knowledge, a pathway for different synthesis routes of doped
GQDs and forming TiO2 heterojunctions has not yet been addressed. Thus, we propose an
essential mechanism, the simplest method of doping, and oxygen functionalities’ role on
edge states of GQDs via acid treatment and the formation of GQDs nanocomposite with
TiO2 as a promising stable photocatalyst.

Here, a novel top-down synthesis of N, S co-doped GQDs via simple cutting methods
using different one-dimensional carbon nanomaterials (carbon nanotubes (CNT), reflux
carbon nanotubes (RCNT) [45,46], and carbon nanofibers (CNF) [47,48]) as precursors is
reported. In the present study, we elucidated the comparative behavior of N, S co-doped
GQDs and their respective GQDs-TiO2 nanocomposites, named as (CNT-GQDs-TiO2,
RCNT-GQDs-TiO2, and CNF-GQDs-TiO2) as a highly robust visible-light sensitizer with
a tunable bandgap, optical, and capacitive parameters. As-prepared GQDs were used to
sensitize a TiO2 photocatalyst for degradation of MB as a model pollutant dye. The mecha-
nism of heterojunction formation between the GQDs and TiO2 for charge separation at the
interface was proposed through MB degradation and cyclic runs of samples to express the
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photocatalytic properties of nanocomposites. To elucidate the role of free radicals in the
photodegradation of MB, scavenger tests on a complete set of as-prepared nanocomposites
were also performed. The degradation pathway, interfacial charge transfer mechanism, and
significance of the metal-free carbon nanomaterial-based photocatalyst are discussed.

2. Results and Discussion
2.1. Physiochemical Properties

Figure 1 shows the morphology of GQDs and GQDs-TiO2 nanocomposites via images
captured by FE-TEM and FE-SEM instruments. FE-SEM and FE-TEM image of the CNT-
GQDs shows ring formation due to strong sp2 bonding of carbon atoms, indicated by
a white hexagonal outline of the shape of GQDs exhibit an average diameter of 8 nm.
Similarly, FE-TEM images for the RCNT-GQDs and CNF-GQDs shows average diameters
of 15 nm and 100 nm, respectively. Particle size of CNT-GQDs varied from 3 to 8 nm and
average particle size is approximately 5 nm. Whereas, RCNT-GQDs size range lies between
8 to 20 nm with 13 nm average size and CNF-GQDs size is between 70–120 nm with
average size of 90 nm. Agglomeration and overlap phenomena are observed because the
high surface-area-to-volume ratio favors large surface energy and instability in the GQDs,
especially in the case of CNT-GQDs and RCNT-GQDs [49]. To prepare a nanocomposite in
which these effects of GQDs are diminished, we strongly sonicated GQDs and stirred them
with TiO2 to balance the surface energy and stability of the nanocomposites, which also
promotes the formation of heterojunctions between the GQDs and TiO2. Well distributed
and firmly decorated GQDs are observed on TiO2 surface. CNT-GQDs-TiO2, RCNT-GQDs-
TiO2, and CNF-GQDs-TiO2 exhibit lattice spacings of 0.2873 nm, 0.3368 nm, and 0.4275 nm
corresponding to the (004), (112) and (101) planes, respectively. The FE-TEM images
of nanocomposites demonstrate that the GQDs are amorphous phases and the TiO2 is
crystalline phases; these phases are clearly seen, where the GQDs (amorphous) lie on the
TiO2 (crystalline) lattice to form the well-structured nanocomposites.

Pristine phases of the crystal and structural behavior of as-prepared GQDs and GQDs-
TiO2 nanocomposites were characterized by XRD on the basis of Bragg’s law, 2dsinθ = nλ
(n = 1, λ = 0.154 nm). Detailed XRD patterns of GQDs and GQD-TiO2 nanocomposites are
shown in Figure 2a. Intense peaks of CNFs, CNTs at 2θ ≈ 25◦ and 27.95◦ are predominant
GQDs data (JCPDS-ICDD file No. 75-1621), these peaks represent the (002) and (101) planes
of sp2-hybridized hexagonal carbon atoms, respectively [50]. Whereas, crystalline phases of
TiO2 represented by 2θ ≈ 25◦ and 48◦ corresponding to (110) and (200) planes, respectively
and indicating good agreement with the standard spectrum (JCPDS-ICDD file No. 21-1272.
Traces of S in the CNF-GQDs with 40% crystallinity and the RSWCNT-GQDs with 22%
crystallinity are confirmed by the (220) plane with an interlayer spacing of 0.39 nm. Planes
(110) represent oxygen abundance in GQDs. Peaks at 2θ ≈ 24.9◦ and 27.2◦ correspond to
the anatase phase of TiO2 and the graphitic structure of the GQD-TiO2 nanocomposite, with
d-spacings of 0.35 nm and 0.32 nm, respectively [51]. An intense (101) peak represents a
high weight percentage of TiO2 in the prepared nanocomposite as compared with the GQDs.
Prominent peaks for GQDs in the XRD of the GQDs-TiO2 were absent because of the lesser
proportion of GQDs and the high surface coverage by TiO2. We concluded that the GQDs’
peaks are obscured by the dominant TiO2 peaks. Similarly, peaks related to the presence of
S and N in the GQDs are also diminished in the patterns of the nanocomposite samples.
Additional peaks observed at 2θ ≈ 33.5◦ and 37.4◦ denote strong C–O–Ti bonding [52].
Because of interface formation and proper dispersion of the GQDs over the TiO2 surface,
the crystallinity of samples appears to increase to approximately 37% for the CNT-GQDs-
TiO2, RCNT-GQDs-TiO2, and 47% for the CNF-GQDs-TiO2 but cannot be increased further
because of the abundance of O and other impurities.
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Figure 1. FE-SEM micrographs and FE-TEM images of as-synthesized GQDs with size distribution
and their respective GQDs-TiO2 nanocomposites.

Figure 2. (a) XRD pattern of as-synthesized GQDs and their respective GQDs-TiO2 nanocomposites.
(b) TGA analysis of as-synthesized GQDs and their respective GQDs-TiO2 nanocomposites.
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TGA was carried out on GQDs-TiO2 nanocomposites to clarify the structural ther-
mal stability, bonding with GQDs, and the significance of the nanocomposite properties.
Thermograph temperature in the range of 50–150 ◦C, 150–350 ◦C, 350–550 ◦C, and above
550 ◦C denote physio-adsorbed water, dehydration–decarboxylation of bonded water and
functional groups, oxidation of amorphous groups, and oxidation of graphitic structures,
respectively [53]. Figure 2b shows the TGA curve of the GQDs-TiO2 nanocomposites.
Interestingly, these thermographs show nanocomposite formations that denote low weight
loss and indicate strong bonding of the GQDs onto the TiO2 surface. The CNT-GQDs-TiO2,
RCNT-GQDs-TiO2, and CNF-GQDs-TiO2 demonstrate 6.81%, 20.81%, and 2.09% mass loss,
respectively. These results undoubtedly predict the formation of thermally stable structures
of nanocomposites. Minor weight loss in CNF-GQDs-TiO2 indicates strongest covalent
bonding between CNF-GQDs and TiO2. Specifically, it indicates chemisorption in the
investigated temperature range, rearrangement of lattices when in-plane (C–O) functional
groups were transferred to oxygen-deficient vacancies in the TiO2 plane, and the formation
of stable C–O–Ti bonds. This explanation reflects the roles of functional groups in GQDs
and oxygen vacancies in TiO2 in determining the configuration of nanocomposites.

The heterostructure interfacial chemical bonding and interaction in GQDs-TiO2 sam-
ples were investigated by XPS analysis. Peaks appeared at binding energies of 531, 284,
406, and 168 eV in the spectra of the GQDs, corresponding to O 1s, C 1s, N 1s, and S
2p, respectively. Identical peaks with a slight change in intensity were observed in the
spectrum of the GQDs-TiO2 nanocomposites, along with an additional peak of Ti 2p at
458 eV, as shown in Figure 3a–c. High-resolution C 1s spectra were fitted with two Gaus-
sian peaks with maxima at 284.28 and 287.48 eV in the spectrum of CNT-GQDs-TiO2 as
shown in Figure 3d, signifying C=C bonds of a graphitic honeycomb structure and other
show a Ti–O–C bond peak associated with titanium carbonate and strong C=C peak of
GQD, respectively. Deconvoluted C 1s peaks for the spectrum of the RCNT-GQDs-TiO2 are
attributed to titanium carbide and C=C as mentioned in Figure 3e. These results strongly
evidence the formation of C–Ti bonds and C–O–Ti bonds. Ti–C bonds exhibit greater
stability and better interfacing for RCNT-GQDs-TiO2 nanocomposite. However, the C 1s
peak fitting in Figure 3f results for CNF-GQDs-TiO2 that are identical to RCNT-GQDs-TiO2,
which indicates C–Ti and C–O–Ti bond formation. C 1s range of GQDs-TiO2, C=C bond
formation indicates that the synthesis of nanocomposites using high sonication of GQDs
and extended stirring times at a certain temperature led to a well-decorated GQDs-TiO2
interface with strong bonding between Ti–O and Ti–O–C.

Meanwhile, a core-level study of the high-resolution O 1s spectra of the GQDs-TiO2
nanocomposites as shown in Figure 3g–i revealed relevant peaks centered at 529.18, 530.6,
and 532.08 eV, which are attributed to Ti–O–Ti, C=O, and Ti–O–C interfacial bonds, respec-
tively [54]. The Ti–O–Ti bond peaks are prominent because the TiO2 content of nanocompos-
ites was much greater than their GQD and O2− contents. After analyzing the spectroscopic
data, it can be concluded that reaction parameters such as temperature, chemical treatment,
and time cause changes in the ratio of N, S- heteroatom doping extent, oxygen function-
alities, and physiochemical properties of as-prepared GQDs that affects overall bonding
strength of the nanocomposites. N and S heteroatom dopant traces can be clearly seen in
CNF-GQDs-TiO2 XPS data, whereas absence or negligence of S doping in CNT-GQDs-TiO2
and N doping in RCNT-GQDs-TiO2 were observed. Due to which it can be stated that
CNF-GQDs-TiO2 can experience the synergistic effect that leads to the better performance
of nanocomposite because of strong absorption capability and photosensitizer ability, as
discussed in the next sections. These XPS results are fully consistent with the XRD analyses.
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Figure 3. Synoptic XPS survey scan of (a) CNT-GQDs and CNT-GQDs-TiO2 nanocomposites,
(b) RCNT-GQDs and RCNT-GQDs-TiO2 nanocomposites, (c) CNF-GQDs and CNF-GQDs-TiO2

nanocomposites. High resolution XPS spectra of C1s peak (d) CNT-GQDs-TiO2, (e) RCNT-GQDs-
TiO2, (f) CNF-GQDs-TiO2. High resolution XPS spectra of O1s peak (g) CNT-GQDs-TiO2, (h) RCNT-
GQDs-TiO2, (i) CNF-GQDs-TiO2.

2.2. Optical Study and Photoelectrochemical Study

Figure 4a shows the UV-Vis absorption spectra for GQDs-TiO2 nanocomposites.
Figure 4c inset represents a UV-Vis plot of the GQD absorption spectra. All the GQDs
show characteristic π–π* transitions below 300 nm within the sp2 C=C hybridized frame-
work of carbon domains [55]. The absorption tail extending to ~350 nm in the visible
region was assigned to the n → π* transitions of nonbonding electrons of O, N, and S
atoms [56]. Greater absorption, specifically in the case of CNF-GQDs, was due to these
extra electrons caused by N, S doping. PL spectra of as-prepared GQDs samples tested in
powder form by excitation of a He–Cd laser at 325 nm. For better understanding of GQDs
band gap, Tauc plot of respective GQDs was shown in Figure 4c. Bandgap corresponding
to CNT-GQDs, RCNT-GQDs, and CNF-GQDs as obtained by the formulation, were 3.3,
2.2, and 2.8 eV, respectively. for composites tailored band gap, Tauc plot of respective
GQDs-TiO2 nanocomposites was shown in Figure 4b. The bandgap of the samples can
be easily determined by the intersection point of the energy axis with the slope of the
curve in graph. Bandgap corresponding to CNT-GQDs-TiO2, RCNT-GQDs-TiO2, and CNF-
GQDs-TiO2 nanocomposites as obtained by the formulation, were 2.21, 2.23, and 2.29 eV,
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respectively. Ti–O–C interfacial bond formation and intimate interaction in nanocomposites
could decrease the bandgap value of nanocomposites. Interaction between TiO2 and GQDs
was because of chemical coupling and influence of C atoms on the molecular orbitals of
TiO2, as a result, the bottom band of the nanocomposite lowers itself as compared with that
of TiO2. Incorporation of GQDs will enhance the lifetime of electron-hole pairs and result
in faster photogenerated electron transfer in TiO2 due to π-conjugation of the GQDs.

Figure 4. (a) UV-vis absorption of as-synthesized GQDs-TiO2 nanocomposites, (b) Tauc plot of
respective GQDs-TiO2 nanocomposites, (c) Tauc plot of as-synthesized GQDs with respective UV-vis
absorption as inset image, (d) Photoluminescence (PL) spectra of as-synthesized GQDs excited at
325 nm by He-Ne laser. Photoelectrochemical analysis (e) Transient photocurrent response of the
as-prepared GQDs-TiO2 nanocomposites, (f) EIS measurements.

Figure 4d depicts the photoluminescence (PL) spectra of three GQDs, CNF-GQDs
clearly show the strongest PL emission in the orange-red region of the visible spectra,
with a bandgap energy of 2.01 eV; similarly, the RCNT-GQDs emit in the yellow-orange
region, with an equivalent range of photon energy of 2.09 eV but with lesser intensity than
the emission of the CNF-GQDs. By contrast, the CNT-GQDs exhibit totally different PL
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emission at 408.75 nm with a 3.03 eV bandgap energy in the violet region but with the same
intensity as the emission of the RCNT-GQDs. PL phenomena were observed in GQDs when
the excitation wavelength was comparable to the transition wavelength. Long wavelengths
were absorbed and emitted by C=S and C=N chromophores, which resulted in red-yellow
emission; by contrast, n → π* excitation of C=O chromophores were assigned to short
wavelengths with violet and blue emission [57].

Table 1 denotes the atomic % of elements clearly shows that the CNF-GQDs and RCNT-
GQDs were rich in S-group content, whereas the CNT GQDs were rich N-group content.
Because of the abundance of S groups and some traces of N in conjugated molecules of
CNF-GQDs, the n→ π* transition of the C=S group dominates with overlapping of N and
O groups in CF-GQDs [58], which led to the synergistic effect of these three groups in lattice
formation, as confirmed from the XRD and XPS analysis. Hence, orange–red emission was
observed upon excitation of CNF-GQDs. The proposed mechanism responsible for the
CNF-GQDs strong PL emission is S π* orbital insertion between C n and N π* orbitals and
the formation of a low-electronegative S state. Remarkable difference in PL intensities of
GQDs strongly justifies the CNF-GQDs efficiency, these property variations experienced
by GQDs was based on synthesis method. On comparing the key parameters of synthesis
process, we conclude that simple oxidative cutting with comparatively low temperature
range (110–120 ◦C) using CNF is more feasible and effective for GQDs synthesis because
refluxing process and followed hydrothermal reaction at high temperature range proved
to be harsh on the surface and also it distorts the edges and structure of the GQDs which
hinders the oxygen vacancies, graphitic properties and anchoring properties those can be
inherited by GQDs from CNTs. This proves the CNF-GQDs with higher PL intensity as a
potential contender for photocatalytic process.

Table 1. Atomic percentage analysis with statistical error using XPS spectrometer for as-prepared
GQDs and GQDs-TiO2 nanocomposites.

Elements CNT-GQDs CNT-GQDs-TiO2 RCNT-GQDs RCNT-GQDs-TiO2 CNF-GQDs CNF-GQDs-TiO2

Atomic percentage

C 44.14 ± 2.0 27.41 ± 0.2 62.51 ± 3.2 51.07 ± 5.2 24.51 ± 0.7 37.76 ± 4.7
O 47.61 ± 1.0 53.11 ± 1.0 33.51 ± 3.5 38.11 ± 8.5 62.99 ± 4.1 44.55 ± 0.7
N 6.53 ± 0.8 2.45 ± 0.5 0.21 ± 0.1 0.12 ± 0.5 4.55 ± 2.9 1.46 ± 0.9
S 1.72 ± 0.1 0.15 ± 0.04 3.69 ± 0.09 2.52 ± 0.6 7.95 ± 0.4 1.75 ± 0.3
Ti - 17.22 ± 0.08 - 8.19 ± 2.2 - 14.49 ± 2.6

Separation of photogenerated charge carriers of as-synthesized GQDs-TiO2 nanocom-
posites can be investigated by photoelectrochemical study at room temperature using an
Ivium electrochemical workstation under solar simulator. The electrolyte used through the
experiments was 2 M KOH aqueous solution. A typical three-electrode setup consisting of
a working electrode, a Pt coil as a counter electrode, and a saturated calomel electrode (SCE)
as the reference electrode was used. Fluorine doped tin oxide coated (FTO) glass electrode
was prepared by spin coating technique at 20,000 rpm for 10 s in three runs with exposed
area of 1 × 1 cm2. Coating slurry was prepared by dispersing 5 mg of photocatalyst in
1 mL ethanol containing 10 µL Nafion. Electrodes were oven dried for 3 h and calcinated at
200 ◦C in nitrogen atmosphere for 2 h to augment adhesion.

Photoelectrochemical analysis of GQDs-TiO2 nanocomposites as shown in Figure 4e,f
transient photocurrent and EIS graphs respectively. While referring to transient current
curves, it can be clearly observed that TiO2 has negligible current response as compared
to prepared nanocomposites. CNT-GQDs-TiO2 and RCNT-GQDs-TiO2 electrodes exhibit
high photocurrent density, well stable and longstanding photoresponse under visible light
projection. CNF-GQDs-TiO2 electrode produces much larger photocurrent density than
other electrodes, this indicates that CNF-GQDs-TiO2 possess highest charge transfer rate
and improved photogenerated charge carriers’ separation efficiency. Meanwhile, more
effective way to reveal electron transfer efficiency of as prepared sample electrodes is

86



Catalysts 2022, 12, 548

through EIS (electrochemical impedance spectroscopy). In Figure 4f, clear comparative
analysis can be done among the nanocomposites based on EIS curve radius. Shorter the
radius implies better mobility and well separated photogenerated charge carriers. CNF-
GQDs-TiO2 demonstrates the smallest radius curve among all, results in better charge
transfer at electrode interface that enhance the separation of carriers. These electrochemical
results prove that the GQDs-TiO2 heterojunctions specially CNF-GQDs-TiO2 serves as
electron harvester for improved degradation performance and separation of charge carriers,
this phenomenon can be thoroughly observed in next sections.

2.3. Visible-Light Photocatalysis and Mechanism Studies

Figure 5 presents the visible-light photocatalytic degradation kinetics for different
nanocomposites samples toward the degradation of MB as a model pollutant dye. Figure 5a
shows the photocatalytic degradation behavior of different compositions of GQDs-TiO2
nanocomposites. MB degradation first-order-rate-constant behavior was fitted using the
Langmuir-Hinshelwood rate formalism, which represents the kinetics of photocatalytic re-
action in different catalysts and was expressed as ln(C/C0) = ka, where ka is the pseudo-first-
order-reaction rate constant and C and C0 denote the MB concentrations after and before
irradiation time t, respectively [59]. The rate constant for different catalysts was obtained
from the slope of the straight-line plot shown in Figure 5b. All the as-prepared nanocom-
posites exhibit an excellent degradation percentage, as shown in Figure 5e. The CNT-
GQDs-TiO2 sample showed a dramatic increase in degradation percentage to 99.78% in
90 min; similar results were obtained with the RCNT-GQDs-TiO2 and CNF-GQDs-TiO2
nanocomposites. Meanwhile, CNF-GQDs-TiO2 exhibited the fastest degradation kinetics,
with 99.39% degradation in 60 min of light irradiation. Graphical representation of the
rate constants for different nanocomposites is shown in Figure 5f. These data for samples
show that GQDs-TiO2 exhibit an approximately 2.3 to 3-fold higher degradation rate con-
stant than the commercial P25 photocatalyst. The highest rate constant recorded for the
CNT-GQDs-TiO2 was 6.75 × 10−2 min−1, whereas that of the TiO2 was 2.48 × 10−2 min−1

.
The characteristic absorption peak of MB rapidly decreased in intensity in the experiments
with all of the prepared nanocomposites; also, this decrease to a certain level was also
obtained with TiO2 (79% degradation). As-prepared GQDs show strong optical absorption
capabilities in a wide light spectrum but with poor photocatalytic properties ascribed to
their corresponding large binding energy. The key role of a stable heterojunction interface
is evident when the GQDs and TiO2 are blended with each other to form an optimum
nanoscale composition containing well-dispersed soluble GQDs on the surface of TiO2
nanoparticles using a simple sonication and stirring method. The content of GQDs cannot
be increased further because of their strong tendency to aggregate on the TiO2 surface,
which retards the photocatalytic process remarkably. The construction of well-dispersed
nanoparticle heterojunctions is critical and can be effectively achieved through bandgap
narrowing, as shown by the Tauc plot previously. By contrast, C–O–Ti bond formation
ascribed to chemisorption of GQDs on the TiO2 surface plays a strong role in strength-
ening the interaction between nanocomposites [60]. This strong coupling of GQDs with
TiO2 forms the hot-carrier injection pathway, whereas N and S doping causes substantial
bandgap reduction. Because of this heterojunction formation, efficient charge separation
occurred on the surface, results in a higher photodegradation rate. Comparatively slight
variation among the degradation rates of the samples was observed because of the dif-
ference in the bandgap value of nanocomposites, where the smallest bandgap value was
reported for CNT-GQDs-TiO2, which exhibited the highest degradation rate of 99.78%,
confirming that the bandgap is an essential factor in dye degradation. CNT-GQDs-TiO2
exhibits slightly higher degradation from CNF-GQDs-TiO2 because of its smaller bandgap
as it can be seen in Tauc plot, but based on TGA analysis and repetitive cyclic runs, it is
not as stable as CNF-GQDs-TiO2. Therefore, CNF-GQDs-TiO2 is considered as the best
suited composite among all due to strong covalent bonding between CNF-GQDs and TiO2
that indicates stable C–O–Ti bonds formation. Also, CNF-GQDs experienced the N and S
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dopant synergistic effect that results in better performance of nanocomposite with strong
absorption capability and photosensitizer ability.

Figure 5. Visible light photocatalytic degradation of MB for as-synthesized GQDs-TiO2 nanocompos-
ites (a) Change in relative concentration (C/C0) of MB in GQDs-TiO2 nanocomposites as a function
of irradiation time up to 90 min, (b) Derived plot from same data to study ln(C/C0) variations
with irradiation time. pH variation effect on the (c) Change in relative concentration (C/C0) as a
function of irradiation time up to 60 min using CNF-GQDs-TiO2 nanocomposites, (d) Respective
derived plot of ln(C/C0) variations with irradiation time. (e) Comparison of MB degradation in
different nanocomposites, (f) Comparative study of first order rate constants of as-prepared GQDs-
TiO2 nanocomposites.

pH effect is an important parameter for the dye degradation. MB degradation was
tested in the pH range between 3 to 10, pH values were adjusted using H2SO4 and 0.1 mol/L
NaOH. Experimental condition was identical as mentioned in the experimental section.
Figure 5c,d shows that photodegradation rate was improved by increasing the pH values.
At pH 3, degradation efficiency was dropped to 84%. At pH 10 and pH 7, degradation
efficiency is same ~99.23% but with the increase of pH value the process of degradation
become fast. At pH 10, 99.23% degradation was achieved in 45 min. This shows that
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alkaline conditions increase the reaction rate due to the abundance of hydroxyl ions that
helps in increasing the degradation reaction. Whereas at low pH, reaction rate reduced due
to excess of H+ ions [61]. Hence, it can be stated that alkaline medium is favorable for MB
degradation using CNF-GQDs-TiO2 nanocomposites.

GQDs-TiO2 composites were studied by many groups with TiO2 nanostructures
(nanotubes, nanoparticles, and nanosheets) for the degradation of organic dyes to find the
best suited one as shown in Table 2. Various chemical composition and formation methods
were used to synthesize GQDs and composites with desired physiochemical properties
that results in fastest, stable, and complete organic dye degradation. GQDs, N-GQDs, and
N, S-GQDs based TiO2 composites were studied previously but results in slow and lesser
degradation efficiency [62–64]. Whereas, Tian et al. synthesized the N, S-GQDs based
reduced graphene oxide (rGO)-TiO2 nanotubes (NTs) using hydrothermal and stirring
process for degradation methyl orange (MO). This results in MO degradation in 4 h upto
90% [65]. This work, have presented the three types of GQDs formation with different N,
S doping amount due to the different precursors and process of synthesis. Best results were
obtained by TiO2 composites formed using CNF-GQDs due to strong covalent bonding
between CNF-GQDs and TiO2 defining its stability, also it indicates chemisorption and
rearrangement of lattices when in-plane (C-O) functional groups were transferred to oxygen-
deficient vacancies in the TiO2 plane to form stable C–O–Ti bonds. This reflects the role of
functional groups in GQDs and oxygen vacancies in TiO2 for determining the configuration
of nanocomposites. CNF-GQDs experienced the N and S dopant synergistic effect that
leads to the better performance of nanocomposite with strong absorption capability and
photosensitizer ability. Based on this, we concluded that CNF-GQDs-TiO2 has shown the
fastest degradation (60 min) of methylene blue (MB) with highest efficiency of 99.23% as
compared with the previously reported articles.

Table 2. Comparative data analysis of dye degradation using GQDs based TiO2 nanocomposites.

Photocatalyst Pollutant Irradiation
Time (min)

Degradation
Efficiency (%) References

GQD/a-TiO2 Rhodamine B 35 97 [62]
GQDs/TiO2 Methylene Blue 120 96.70 [63]
GQDs/TiO2 Rhodamine B 60 70 [66]

3DGA@CDs-TNs Rhodamine B 60 97.60 [67]
N-GQDs/TiO2 Rhodamine B 120 94 [64]
N-GDQs/TiO2 Methylene Blue 150 100 [68]
N-GDQs/TiO2 Methylene Blue 70 85 [69]

Ti3+-TiO2/GQD NSs Methylene Blue 60 90 [70]
NSTG Methylene Blue 240 98.40 [40]

N, S-GQDs/rGO/TiO2 NT Methyl orange 240 90 [65]
TiO2/rGO Methylene Blue 120 91.48 [71]

CNF-GQDs-TiO2 Methylene Blue 60 99.23 This work

Another essential factor for photocatalysts is reusability and stability. The reusability of
the nanocomposites was tested over three repeated cyclic runs of photocatalysis, as shown
in Figure 6a. These stability results provide important facts about catalysts. After three
cyclic runs, the CNT-GQDs-TiO2 demonstrated a 0.54% decrement. By contrast, the RCNT-
GQDs-TiO2 exhibited only 55.5% degradation, with a 44.11% decrement compared with
its initial degradation results. The CNF-GQDs-TiO2 catalyst was the most stable for three
repeated cyclic runs. Reason behind CNF-GQDs reusability and long-term stability was N,
S doping, thermally stable structure and oxygen mediated vacancies which was responsible
for C–O–Ti bonding. Poor stability of the RCNT-GQDs-TiO2 and strong bonding of the
CNF-GQDs-TiO2 were confirmed by the TGA results.
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Figure 6. (a) Cyclic runs of MB degradation under visible light exposure for GQDs-TiO2 nanocom-
posites. MB degradation concentration in absence and presence of different scavengers (scavengers:
IPA~•OH, BQ~ O2•−, EDTA~ h+) by (b) CNT-GQDs-TiO2, (c) RCNT-GQDs-TiO2, (d) CNF-GQDs-
TiO2. (e) Comparative analysis of effect of scavengers on MB degradation. (f) Schematic illustration
of free radical generation and interfacial charge separation at GQDs-TiO2 nanocomposite junction for
MB degradation.

To investigate the role of the electron, transfer mechanism and the reaction process in
a typical photocatalysis system, active species such as holes (h+), hydroxyl radicals (•OH),
and superoxide radicals (O2

•−) were studied. Solutions of IPA, BQ, and EDTA scavengers
were used to study the roles of •OH, O2

•−, and h+, respectively [72]. To investigate
and explore their contribution in visible-light photocatalysis, a series of scavenger tests
were performed on CNT-GQDs-TiO2 nanocomposites. The dosage addition of scavengers
inhibits the degradation efficiency of MB to various degrees, which refers to the involvement
of all oxidative species in the photodegradation system. Changes in relative concentration
of MB in different scavengers for all of the as-prepared nanocomposite systems are shown in
Figure 6b–d. In the case of IPA addition, the MB was degraded by 61.74% for CNT-GQDs-
TiO2, implying the vital role of •OH radical, and RCNT-GQDs-TiO2 was quenched to
47.55% in EDTA, indicating the important of h+ species in the degradation process. When
BQ was added to the CNF-GQDs-TiO2 system, 58.26% MB degradation was observed,
indicating that the major reactive species involved in the process was O2

◦-. Figure 6e
shows a comparative analysis of the nanocomposite systems with and without scavenger
addition and respective values can be seen in Table 3. All studies of samples show the
highest quenching of MB degradation in different scavengers. These results indicate that
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•OH, O2
•−, and h+ are the major reactive species in MB degradation for CNT-GQDs-TiO2,

CNF-GQDs-TiO2, and RCNT-GQDs-TiO2, respectively.

Table 3. Role of quenchers in UV-Vis photocatalysis of MB degradation.

Quencher CNT-GQDs-TiO2
(% Degradation)

RCNT-GQDs-TiO2
(% Degradation)

CNF-GQDs-TiO2
(% Degradation)

EDTA 70.89 47.55 64.97
IPA 61.74 56.17 93.94
BQ 76.98 80.15 58.26

Based on the aforementioned results, the degradation mechanism can occur through
various steps, implying direct electron transfer. Figure 6f shows the proposed mechanism
of free radicals involved in the photodegradation process. The phenomena that lead to the
formation of the Schottky barrier between photoexcited electrons in GQDs and the TiO2
lattice are thermionic emission and quantum tunneling. Achieving thermionic emission was
difficult because the complete experimental procedure was carried out at room temperature.
Hence, the most likely factor behind electron transport in the GQD–TiO2 composite was
quantum tunneling, which forms the heterojunction type II band alignment.

Degraded methylene blue (MB) results in some intermediate volatile end products of
MB solution. When N-S heterocyclic compound of methylene blue was separated 2-Amino-
5-dimethylamino-benzenesulfonic acid anion was formed. Degradation intermediate of
2-Amino-5-dimethylamino-benzenesulfonic acid was 4-Amino-benzenesulfonic acid and
2-Amino-5-hydroxy-benzenesulfonic acid. Oxidization of 4-Amino-benzenesulfonic acid
results in 4-Nitro-benzenesulfonic acid anion. Products formed after hydroxyl radical
attack on the N–S heterocyclic of MB molecules were Dimethyl-(4-nitro-phenyl)-amine and
p-Dihydroxybenzene. Tiny molecular products of degradation correspond to succinic acid
generated by open-loop benzene [73]. On the basis of these intermediate products, we can
deduce the degradation pathway of MB. The photogenerated electrons in the TiO2 with
the in situ excited electrons of GQDs reacts with free radicals. Hence, electrons from the
GQDs transfer to the conduction band of TiO2 to trap the oxygen (O2) molecule to generate
the O2

•− radicals, and h+ react with an electron donor (water molecules or hydroxide ions)
to yield oxidizing hydroxyl •OH radicals. These generated radicals of O2

•− and •OH are
the essential substances to decompose the dye molecules into CO2 and H2O. Thus, GQDs
with high electron mobility are a perfect electron-transfer tank for enhanced electron–hole
separation at the interface of TiO2. The high degradation of MB in several scavengers can
be interpreted as the conversion of O2

•− radical to •OH radical. The possible pathways for
MB degradation are expressed by the following reactions:

TiO2 −GQD + hυ → TiO2
(
e−

)
−GQD + TiO2

(
h+)−GQD

TiO2
(
e−

)
−GQD→ TiO2 −GQD

(
e−

)

GQD
(
e−

)
+ O2 → GQD + O•−2

TiO2
(
h+)+ H2O→ h+ + OH•

O•−2 + OH• + MB→ water + CO2

3. Materials and Experimental
3.1. Chemicals

Vapor-grown carbon nanofibers were purchased from Carbon Nano-material Technol-
ogy. Co. Ltd., Pohang, Korea. Single-walled carbon nanotubes (SWCNTs (75%)) with an
average diameter of 1.8 ± 0.4 nm and length greater than 5 µm were supplied by TuballTM-
OCSiAl Pvt. Ltd., Incheon, Korea. TiO2 powder, sulfuric acid (99.99%), nitric acid (ACS
reagent, 70%), methylene blue (MB), 2,3-dichloro-5,6-dicyano-p-benzoquinone (98%-BQ),
ethylenediaminetetraacetic acid (EDTA, >98%), and isopropyl alcohol solution (70% in
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H2O–IPA) were purchased from Sigma-Aldrich Inc., Seoul, Korea. All reagents were of
analytical grade and were used without further purification. Distilled water (18.2 MΩ·cm)
was used throughout the experiments.

3.2. Synthesis of GQDs from CNT (CNT-GQDs)

A hydrothermal etching method was used to prepare oxygen-rich GQDs with some
traces of N. A total of 300 mg of SWCNTs was refluxed with 150 mL of HNO3 for 12 h
at 100 ◦C [49]. The suspension was then cooled and filtered to remove the supernatant.
The collected residue was dispersed in 50 mL of DI water and heated hydrothermally in
a Teflon-lined autoclave at 200 ◦C for 12 h. The same etching procedure (i.e., refluxing
with HNO3, followed by filtering and hydrothermal heating) was subsequently repeated.
After two cycles of the etching process, nitrogen-doped GQDs named as CNT-GQDs were
obtained for further use.

3.3. Synthesis of GQDs from RCNT (RCNT-GQDs)

300 mg of SWCNTs was refluxed with H2SO4 and HNO3 (3:1) for 24 h at 120 ◦C. The
mixture was then cooled and diluted with DI water (1:5) while maintaining the pH at ~7.
Stepwise gradual heating (100 ◦C, 150 ◦C, and 200 ◦C) of the suspension was conducted
at 4 h intervals to obtain sulfur-doped GQDs named as RCNT-GQDs. The as-prepared
sample of GQDs was washed with DI water using the filtration technique.

3.4. Synthesis of GQDs from CNF (CNF-GQDs)

Oxygen-rich GQDs doped with nitrogen (N) and sulfur (S) atoms were synthesized
using a simple oxidative cutting method. A total of 900 mg of CFs was treated with a
mixture of conc. H2SO4 and HNO3 (3:1) under continuous stirring for 24 h at 120 ◦C.
The mixture was diluted with DI water (1:5) after being cooled to room temperature.
To maintain the acidity of the mixture, its pH was adjusted to ~7 using NaOH. Finally, a
dialysis process of the end product was conducted in a dialysis bag for 3 days and the
dialyzed solution was heated at 80 ◦C to obtain CNF-GQDs.

3.5. Synthesis of TiO2 and GQD Composite

Different as-prepared samples of GQDs (2 mg/mL) were dispersed in DI water to
obtain a uniform suspension using the ultrasonication method. A total of 200 mg of TiO2
was added to 50 mL of GQD suspension and stirred at 60 ◦C for 10–12 h, until it dries
completely and turned into powder. The GQDs-TiO2 nanocomposite was obtained in
powder form. The nanocomposite samples were named CNT-GQDs-TiO2, RCNT-GQDs-
TiO2, and CNF-GQDs-TiO2. The synthesis scheme for respective GQDs is shown in Figure 7.

Figure 7. Schematic for the synthesis of N, S co-doped GQDs named as (a) CNT-GQDs, (b) RCNT-
GQDs, (c) CNF-GQDs.
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3.6. Characterization Techniques

The structure, crystal facets, and phase of the as-prepared samples were examined
by powder X-ray diffraction (XRD, Bruker D2 PHASER, Gyeonggi-do, Korea). The mor-
phological features, crystallinity, and chemical composition were studied by field-emission
scanning electron microscopy (FE-SEM, Hitachi High-Tech Korea Co., Ltd., S-4300, Seoul,
Korea), field-emission transmission electron microscopy (FE-TEM JEM-2100F/JEOL, Seoul,
Korea), and energy-dispersive X-ray spectroscopy (EDX) composition analysis. The X-ray
photoelectron spectroscopy data were also obtained (XPS, VG Scientific Co., ESCA LAB
MK-II, Korea) using a monochromatic Al Kα X-ray beam with a current of 20 mA. Quanti-
tative analysis of the solid organic elements present in the samples was performed with an
elemental analyzer (Thermo Fisher Scientific, Inc. EA1112, Korea). The specific surface area
measurements were performed using an adsorption analyzer (BEL BELSORP, Inc. Japan),
and thermogravimetric analysis (TGA, NETZSCH, TG 209 F3, Germany) was carried out
for the as-prepared samples at a heating rate of 10 ◦C/min and with N2 gas as a purge gas.
Photoluminescence (PL) emission spectra were acquired under excitation at 325 nm (RAM
Boss, Maple Dongwoo Optron). The UV-vis absorption was performed using a commercial
UV-vis spectrophotometer (Scinco, S-3100, Seoul, Korea). Electrochemical analysis was
carried out using an Ivium electrochemical analyzer.

3.7. Photodegradation Test

Photocatalytic studies of the GQDs-TiO2 nanocomposites were conducted using a
solar simulator (SUN 2000, Abet Technologies, Inc. Gyeonggi-do, Korea) fitted with a
440 nm cutoff filter. The photocatalytic experiments were carried out in the presence of
MB as an organic dye pollutant. A total of 20 mg of catalyst were dispersed in 50 mL of
MB aqueous solution with an initial concentration of 10 mg/L. Prior to irradiation, the
as-prepared solution was stirred continuously in the dark for 1 h at room temperature to
achieve adsorption-desorption equilibrium. At 15 min irradiation intervals, a 5 mL aliquot
was withdrawn and analyzed via UV-vis spectrophotometry with a maximum absorption
peak at 665 nm.

3.8. Free-Radical Scavenger Test

A free-radical scavenger experiment was conducted to study the involvement of reac-
tive species in the photodegradation of MB. Isopropyl alcohol (IPA) solution, BQ, and EDTA
were used as scavengers to analyze the influence of hydroxyl radicals (•OH), superoxide
radicals (O2

•−), and holes (h+), respectively. In the scavenging experiments, 10 mg of a
scavenger was mixed with the dye–catalyst solution (20 mg, 10 mg/L). Afterward, the
same procedure mentioned in previous section was conducted under identical conditions.

4. Conclusions

A novel approach for the synthesis of N, S doped GQDs from 1-D carbon nanomaterial
with high photocatalytic and photoelectrochemical response was suggested. The mech-
anism of interfacial charge transfer in GQDs-TiO2 heterojunction is elucidated through
the possible C–O–Ti bonds formation. TGA and XPS analyses revealed that N and S
doping with in-plane functional groups of GQDs were responsible for stable interface
formation between GQDs and TiO2. Photoelectrochemical measurements provide insights
into photocurrent and impedance characteristics of as-prepared GQDs-TiO2 nanocompos-
ites. Remarkably high degradation percentages of MB under visible-light illumination were
observed for CNT-GQDs-TiO2 (99.78%), RCNT-GQDs-TiO2 (99.39%), and CNF-GQDs-TiO2
(99.23%) nanocomposites. Rapid interfacial charge transfer from the GQDs to TiO2 is the
key phenomenon for the enhanced photodegradation of MB. Consecutive degradation
cyclic runs to test the highest efficiency and stability of nanocomposites result that the
CNF-GQDs-TiO2 nanocomposites have the fastest photodegradation rate and proved to
be the most stable among all. CNT-GQDs-TiO2, RCNT-GQDs-TiO2, and CNF-GQDs-TiO2
nanocomposites show different characteristic radicals •OH, h+, and O2

•−, respectively, as
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revealed by radical quenching experiments. This study is considered to be a platform for
nonmetallic GQDs and metal oxide semiconductor nanocomposites for green-environment,
sustainable energy, and optoelectronic applications.
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Abstract: In this research, we thoroughly studied the electronic properties and optical absorption
characteristics with double-hole coupling of anions–anion combinations for designing effective
photocatalysts for water redox using first-principles methods within the hybrid Heyd–Scuseria–
Ernzerhof (HSE06) exchange–correlation formalisms. The findings reveal that the values of formation
energy of both the anion mono- and co-doped configurations increase monotonically as the chemical
potential of oxygen decreases. The N–N co-doped BaTiO3 exhibits a more favorable formation energy
under an O-poor condition compared with other configurations, indicating that N and N pairs are
more likely to be synthesized successfully. Interestingly, all the co-doping configurations give a band
gap reduction with suitable position for oxygen production and hydrogen evolution. The obtained
results demonstrate that all the co-doped systems constitute a promising candidate for photocatalytic
water-splitting reactions. Furthermore, the enhanced ability of the anionic-anionic co-doped BaTiO3

to absorb visible light and the positions of band edges that closely match the oxidation-reduction
potentials of water suggest that these configurations are viable photocatalysts for visible-light water
splitting. Therefore, the wide-band gap semiconductor band structures can be tuned by double-hole
doping through anionic combinations, and high-efficiency catalysts for water splitting using solar
energy can be created as a result.

Keywords: anionic–anionic co-doping; BaTiO3; Heyd–Scuseria–Ernzerhof (HSE06); photocatalytic
water splitting

1. Introduction

The search for new renewable and clean energy sources has drawn considerable
attention in recent years, owing to the increasing serious environmental challenges rooted
in fossil fuel usage and resource depletion [1]. One of the most competitive methods for
providing a cheap and ecologically acceptable energy source is photocatalytic hydrogen
synthesis from water reduction, which can be considered a clean and sustainable strategy
for resolving energy problems [1–3]. A variety of photocatalysts based on oxide materials
have received extensive attention in research because of their strong photocatalytic activity,
nontoxicity, and chemical stability [4]. Among them, Barium titanate (BaTiO3) is a common
ferroelectric compound with a perovskite structure and large band gap of 3.0–3.3 eV [5]. The
most crucial feature is that it has the appropriate band positions to split water into hydrogen
and oxygen [6–10]. This means that the valence band (VB) and conduction band (CB) edges
of BaTiO3 are in the suitable positions, which satisfies the thermodynamic condition for
the water-splitting reaction [5]. The ultraviolet part of the solar energy spectrum, which
makes up only 5% of it, has fewer practical applications due to the high band gap of this
material. It is conventionally known that more than 45% of solar irradiance is visible light.
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Therefore, to enhance visible-light photocatalytic performance, it is crucial to design active
photocatalysts that operate in this region. Doping impurity elements into crystal lattices
is a common and effective method for modifying the electronic structure and band gap
position in semiconductors.

Numerous studies [11–21] have recently used the doping of metal and non-metal
elements into semiconductors to change the optoelectronic properties. For instance, experi-
mental research by Upadhyay et al. [12] shows that adding 2.0% Fe to BaTiO3 results in
a noticeable improvement in photocurrent density and a decreasing in band gap because
Fe 3d states exist within the band gap region. Nageri and Kumar [13] suggested that
Mn-doped BaTiO3 illustrated higher visible-light-driven photocatalytic activity, which was
primarily caused by the energy states connected to the dopants and oxygen vacancies.
Demircivi et al. synthesized a W-doped BaTiO3 nanocomposite photocatalyst and observed
that it was more effective in degrading tetracycline than both undoped and highly doped
BaTiO3 at lower doping levels. This may be because less electron-hole recombination oc-
curs [14]. It has also been demonstrated that Rh-doped BaTiO3, which can produce H2 from
water through a photocatalytic process, has two absorption bands in the visible-light spec-
trum [15]. Recently, Pie et al. investigated the photocatalytic properties of Mo in BaTiO3,
indicating that doping with 4d metal Mo achieved band-to-band visible-light absorption
and showed a striking rise in hydrogen-generation efficiency in contrast to the pristine
material [16]. In comparison to the undoped BaTiO3, Cao et al. [17] discovered that BaTiO3
doped with anionic N had a lower band gap and increased activity of photo-degradation
to Rhodamine-B under irradiation within the visible region, mostly because the valence
bandwidth was widened.

On the theoretical side, it has been indicated that doping with various metal impurities
modifies the crystal structures and electronic properties of cubic BaTiO3 [18]. It has also
been reported that by substituting a metal dopant at Ba or Ti site into a BaTiO3 lattice,
the electronic nature and impurity ionic size have a direct effect on the stability and the
formation of oxygen vacancies [18]. According to the computed results published by
Yang et al. [19], band gap energy of BaTiO3 may be reduced and hole mobility increased
by replacing Ti with main group elements including metal (Mo, Tc, Ru, Pd) and transition
metal (Cr, Mn, Fe, Co, Ni) atoms. Our previous studies indicated that the electronic
structures of BaTiO3 have been modified by doping rare earth into either Ba or Ti sites using
first-principles calculations [20,21]. Recently, Huang et al. [22] reported the effect of doping
chalcogens at O site into BaTiO3 on optical absorption and photocatalytic water splitting.
They discovered that the presence of the p-energy state of dopants at the minimum of CB
results in the reducing of the band gap and the improvement of the visible range.

Mono-doping, which is the process of adding cations or anions to semiconductors,
typically results in the generation of dopant states within the band gap, which could operate
as the recombination site for photo-generation of charge carriers and lower photocatalytic
activity. This will destroy the photocatalytic activity of photocatalysts. Co-doping with
metal cations and anions in large band gap semiconductors has garnered much interest as
a solution to these issues [22–24].

Separating photogenerated holes and electrons is made easier by the compensated
nature of co-doping with a cation-anion pair, which also passivates the dopants bands and
lowers the band gap to a reasonable value [25,26]. As a result, donor-acceptor pairs such
as transition metal (MT = V, Nb, Ta, Mo, and W) and anion (X = N, C) atoms are typically
used to adjust the band gap of semiconductor-based photocatalysts like TiO2 [27–30],
SrTiO3 [30,31], NaNbO3 [32,33], KNbO3 [34], La2Ti2O7 [35], and BaTiO3 [36,37]. In addition
to cation-anion co-doping, double-hole co-doping has become a successful approach for
modifying the band gap of photocatalysts based on perovskite such as SrTiO3, NaTaO3,
and KNbO3 [38–40]. The band gap is greatly minimized as a result of anionic-anionic
co-doping, which also produces completely occupied delocalized intermediate states above
the valence region, while increasing the overall stability [41].
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In this study, we investigated the impact of double-hole-mediated coupling on the
electronic structures and the photocatalytic water-splitting performance of BaTiO3 by per-
forming hybrid density functional theory (DFT) computations. By analyzing the geometri-
cal crystal structures, energies of formation, electronic properties, and optical absorption
characteristics of anion mono- and co-doped BaTiO3, we distinctly demonstrate that anion-
anion (N–N, C–S, N–P, and P–P) coupling combinations can successfully reduce the band
gap by adding an intermediate filled and delocalized state and can also produce attractive
band alignments that are suitable for photo-electrochemical water splitting. This type of
double-hole-mediated co-doping, for example, is a successful way to modify the band
structures of a large band gap photocatalyst and then improve the performance of the
photocatalytic ability of photocatalysts, including visible-light water splitting.

2. Computational Details

The Quantum Atomistix ToolKit (QuantumATK) software package, which is based on
the local integration of the atomic orbitals method and density functional theory (DFT),
was used to perform the reported computations [42]. The exchange and correlation energy
functionals have been expressed using the Perdew–Burke–Ernzerhof generalized gradient
approximation [43]. The pseudopotential of norm-conserving PseudoDojo was used to
define the interaction between ion nuclei and valence electrons [44]. Self-consistent field
simulations with a tolerance limit of 10−8 Ha were used to determine energy convergence.
PseudoDojo-medium was chosen as the basis set, and a mesh cut-off energy of 90 Ha was
used. A force on each atom was reduced to 0.05 eV/Å by minimizing the total energy
of the system using the Broyden–Fletcher–Goldfarb–Shanno (LBFGS) approach, which
led to the stable arrangement of the atoms and the lattice parameters. A 4 × 4 × 3 and
10 × 10 × 8 Monkhorst–Pack [45] k-grid was used for the Brillouin Zone integration in
performing geometry optimization and electronic calculations. The accurate band gap
energy and optical properties of semiconductors were predicted using the Heyd–Scuseria–
Ernzerhof (HSE06) more precise hybrid density functional [46,47]. Short-range (sr) and
long-range (lr) components of the exchange and correlation energy in the HSE function
were defined as:

EHSE
xc (µ, α) = αEHF,sr,µ

x + (1 − α)EPBE,sr,µ
x + EPBE,lr,µ

x + EPBE
c (1)

where µ denotes the parameter defining the range separation of Coulomb kernel
(µ = 0.2/Å), α is the mixing parameter of 0.25, and Ex and Ec represent the exchange
and correlation contributions, respectively.

3. Results and Discussion

In the pristine cubic BaTiO3 structure, Ba atoms are situated at the eighth apexes of
the cube corner, Ti atoms occupy the center of the octahedron, and O atoms are located
at the face centers, forming a symmetric octahedron (TiO6), as illustrated in Figure 1.
The computed lattice parameters and Ba–O (2.85) and Ti–O (2.02) bond lengths are in
good agreement with the experimental measurements [48] and values of previous theoret-
ical studies [20,21,36,49]. The electronic band structure and density of state (DOS) were
computed using HSE06 functional, as shown in Figure 1. The obtained direct band gap
of 3.0 eV is more compatible with both experimental results [5] and previous reported
results [20,21,36,49]. The analysis of the DOS figure shows that the VB and CB edges
principally consist of O 2p states and Ti 3d states, respectively. Nevertheless, the absence of
any Ba electronic states around the maximum valence edge and lowest conduction edge
suggests that Ba merely contributes to the structure of BaTiO3 and has no impact on the
electronic structure close to the Fermi level.
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tute the two nearby O atoms at the same level, marked with orange circles in Figure 1, is 
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poration of an anionic element. 
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For mono- and co-doped systems, a 2 × 2 × 2 supercell approach is adopted with
periodic boundary conditions, consisting of 8 Ba, 8 Ti, and 24 O atoms. The anionic mono-
doped configuration is modeled by replacing one of the anion dopants (N, P, C, S) with one
of the O atoms in the BaTiO3 supercell. It has been discovered that the anionic–anionic co-
doped BaTiO3 system, which is constructed by utilizing two anionic dopants to substitute
the two nearby O atoms at the same level, marked with orange circles in Figure 1, is more
stable than others [38–40]. In this case, we look only at this particular lowest-energy design.
The lattice constants of the modified systems are gathered in Table 1. For all co-doping
systems, the lattice constants of the relaxed structures decreased due to the incorporation
of an anionic element.

Table 1. The optimized lattice parameters, and the formation of energy for pristine and mono- and
co-doped BaTiO3.

a (Å) b (Å) c (Å) Eb (eV)
Ef (eV)

Ti-Rich O-Rich

Pure 8.005 8.005 8.005 - - -
N 8.014 8.014 8.014 - −10.10 −2.75
C 8.008 8.008 8.073 - −5.33 −0.08
S 8.070 8.064 8.423 - −4.31 0.94
P 8.012 8.012 8.232 - −2.08 3.18

N–N 8.088 8.015 8.088 1.317 −17.53 −6.23
C–S 8.267 8.017 8.107 2.179 −11.89 −1.32
N–P 8.297 8.024 8.086 3.038 −13.12 −2.62
P–P 8.321 7.980 8.321 4.637 −8.79 1.72

To investigate the relative stability of co-doped configurations, we determined the
binding energy (Eb) by adopting the following relation:

Eb = EA1 − EA2 − Epure + EA1+A2 (2)

where Epure, EA1, EA2, and EA1+A2 are the total energies of pure, (first anion, A1) mono-
doped, (second anion A2) mono-doped, and (double-hole, A1 + A2) co-doped BaTiO3,
respectively. The calculated values of binding energy are gathered in Table 1. The computed
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binding energy values are positive for the investigated double-hole co-doped systems,
which contribute to its stability relative to the analogous mono-doped systems.

To determine the best growth circumstances for different doped configurations, we
computed the formation energy, Ef, using the following equation [50,51]

E f = Edoped − Eundoped − nXµX + nOµO (3)

where Eundoped and Edoped denote the total energies of the pure and doped BaTiO3 supercell.
The number n represents the addition or subtraction of dopant and host ions. The chemical
potential of the X (N, P, S, C) and O atoms are denoted by the symbols µX, and µO,
respectively, and depend on the parameters of the experiment. The formation energy is
dependent on the chemical potentials of the host atoms represented by the environment
because defects occur in response to the experimental growth or annealing process. As
a stable structure, the chemical potentials of the BaTiO3 and the constituent Ba, Ti, and
O atoms should satisfy the following expression:

µBa + µTi + 3µO = µBaTiO3 (4)

where µBa is computed from the total energy of one atom of Ba in bulk crystal structure. For
Ti-rich conditions, the µTi can be obtained in the ground state with energy of bulk Ti and
µO estimated according to the Expression (4). Under O-rich conditions, µO is determined
as the total energy of O2 molecules. The variable µX is the energy of a single X atom inside
a cube with a side length of 10 Å. The calculated energies of formation for anionic mono-
and co-doped are summarized in Table 1 as well as illustrated in Figure 2. It reveals that a
larger negative value of formation energy illustrates a thermodynamically more favorable
co-doping procedure. The findings imply that the formations of all configurations are
conceptually beneficial because of the negative formation energy. The analysis in Figure 2
shows that N mono-doping is proven to be more advantageous than in other mono-doping
cases, a result which can be ascribed to the similar radii of atoms. In addition, the values
of formation energy of anion mono-doping rise when the µO varies from O-poor and
O-rich environments. This shows that this type of doping is easily formed under O-poor
conditions. It is found that anionic co-doping has much lower formation energy than the
comparable mono-doping, which is energetically favorable in O-poor conditions. This
is mainly owing to the stronger interaction between anionic and anionic atoms in the
former. It should be noted that N–N-co-doped BaTiO3 exhibits a more favorable energy of
formation compared with the other configurations, indicating that N and N combinations
are more likely to be synthesized successfully.

Next, we investigated the impact of anion mono-doping on the electronic structures
of BaTiO3. In the case of anionic mono-doping, the overall electron number may in-
crease or decrease in comparison to that of a pristine BaTiO3, in which spin-polarization
calculations are performed to handle these mono-doped systems. For N-mono-doped
BaTiO3, as an N-dopant contains one less valence electron compared with an O atom, the
N-doping is one electron deficient. This is reflected in asymmetrical DOSs with regard to
the electrons in the spin-up and spin-down channels, as displayed Figure S1, exhibiting a
magnetic nature with total magnetic moment of +1.0 µB. This is principally coming from the
N atom (+0.954 µB). When the N impurity substitutes the O atom, one acceptor level in
the band gap is generated. These unfilled states superior to the Fermi level are extremely
unfavorable for photocatalytic activity, as a result of their ability to trap charge carriers
and speed up the electron-hole combination procedure. The photocatalytic performance
may be impacted by the partially filled impurity levels near the Fermi level, which could
serve as an electron-hole recombination junction. For P-mono-doped BaTiO3, replacing
one O atom with one P impurity will also result in the formation of a single acceptor,
because the P atom has one less valence electron than O atoms. P-doping introduces local-
ized levels that arise in the majority and minority spin channel. Therefore, an additional
hole was formed in the system which was followed by a spin-polarization effect. These
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results show a magnetic behavior. Moreover, the total magnetic moment obtained is 1.0 µB,
primarily due to the P atom (0.904 µB). Below the Fermi level, there are several occupied
localized states that mostly result from the combining of P 3p and O 2p states. Additionally,
it is discovered that a number of empty dopant states, primarily caused by P-3p localized
states, exist close to the minimum of CB. For C-doping, the introduction of two acceptor
levels into the BaTiO3 lattice results from the substitution of O with C. The total magnetic
moment of C-doping of + 2.002 µB is determined by spin-resolved calculations, which
originates mainly from the C atom with local moment of (+1.741 µB). At the maximum
valence band, it is evident that a number of dopant states, largely composed of C-2p orbitals,
are present. Surprisingly, above the Fermi level, no unoccupied localized dopant states are
visible. The absence of uninhabited localized bands above the Fermi level is mentioned.
It also has a narrow effective band gap of 2.22 eV, making it a reasonable photocatalyst
for the visible region. In the case of S-doping, the S atom has the same number of valence
electrons as O atoms and, as a result, the interaction between S 3p states and Ti 3d states
occurs when one S atom replaces one O atom. As can be observed from the DOS shown in
Figure S2, there appear to be occupied localized bands above the valence region that are
generated by S 3p states and O 2p states, whereas the minimum CB is made up of Ti states.
Without empty localized states arising beyond the Fermi level, the band gap is found to be
2.24 eV, which is advantageous for the absorption of visible light.
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Figure 2. Estimated energies of formation in respect to the oxygen chemical potential for anionic
mono- and anionic-anionic co-doped configurations.

BaTiO3 mono-doped with anionic elements, as demonstrated above, produces certain
impurity states within the band gap, thus narrowing the gap region. These in-gap states
have certain drawbacks for photocatalytic water splitting since they could serve as sites for
the capture and recombination of photo-generated electrons and holes, which would reduce
the efficiency of photon conversion. In fact, the double-hole-mediated anionic co-doping of
BaTiO3 with N–N, C–S, N–P, and P–P atom combinations may compensate for the charge
without the formation of unfilled bands above the Fermi level. In N–N co-doped systems,
the replacement of two near-neighboring O atoms by two N-dopants introduces two net
holes and a new N-N bond is created in which the bond length distance is 1.518 Å. The
obtained value is much shorter than that of the distance of 2.830 Å between two O atoms
for the pristine BaTiO3, indicating the strong coupling between the two N atoms. The band
structure and DOS are calculated to study the impact of N–N co-doping on the electronic
characteristics of BaTiO3, as shown in Figure 3a. The HSE06 calculation predicts a band
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gap of 1.55 eV that is notably lower than the pure compound owing to the existence of the
intermediate states located above the valence band. Additionally, since no acceptor states
are seen beyond the Fermi level, the recombination effects will be lower than they would be
in an N mono-doped system. Note that two completely occupied states are created within
the band gap after the N–N co-doping. According to the PDOS, the edge of the VB of N–N
co-doped configuration is mainly contributed to by O 2p states, whereas the edge of the CB
is dominated by Ti 3d states.
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Most filled-in gap states are situated above the VB as a result of the strong mixture
between the Ti 3d, and N 2p states, as well as the strong coupling between the O 2p states.
Additionally, no acceptor states can be seen above the Fermi level, proving that there will
be significantly fewer recombination sites than in the case of N mono-doping. Thus, these
unoccupied dopants states that manifest in the mono-doping system can be eliminated
by such double-hole N–N co-doping. The P–P co-doping into BaTiO3 is nearly identical
to the N–N co-doping, because it likewise has two net holes. The P–P bond distance is
found to be 2.109 Å. The analysis in Figure 3b shows that the edges of VB and CB are
predominantly composed of the P 3p states and Ti 3d states, respectively. When two P atoms
are in close proximity to one another, the unpaired 3p electrons of the two neighboring
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P atoms hybridize with one another and create a bonding band and an anti-bonding band,
since each of the P atoms has one unpaired electron. The latter hybridization introduces
three completely occupied sub-bands above the VB edge, while the anti-bonding state
is situated near the minimum of CB. Interestingly, there is no unfilled impurity states in
the band gap region. The calculated band gap of P–P co-doping is found to be 1.70 eV,
which would undoubtedly increase the visible radiation photocatalysis and decrease the
recombination losses. For N–P co-doped BaTiO3, co-doping with N and P introduces two
net holes, one from the N atom and the other from the P atom. The DOS of the co-doping
configuration is shown in Figure 3c, in which fully occupied states appear just above the
maximum of VB, so no unoccupied localized states are between the VB and CB edges.
Therefore, the band gap is reduced due to 1.64 eV. The N–P bond length obtained is 1.79 Å.
Additionally, above the maximum of VB, completely filled dopant states are produced by
the admixture of N 2p, P 3p, and O 2p states. This also represents a reliable link between
the N 2p and P 3p states caused by double holes.

We also investigated the C–S co-doping in a BaTiO3 supercell. The geometry optimiza-
tion shows that the C–S bond length distance is found to be 1.85 Å, which is much shorter
than that of O–O (2.85 Å, proving the strong coupling between C and S atoms). According
to the PDOS displayed in Figure 3d, completely occupied states are produced above the up-
per limit of VB, reducing the band gap to 1.55 eV. Moreover, the maximum of VB consists of
O 2p states and the lower limit of CB is made up of Ti 3d states. Unlike the N–N co-doping,
the C atom is responsible for the two holes. All localized states between the borders of VB
and CB are occupied as the bonding state moves into the VB and the anti-bonding state
moves towards the CB. Moreover, there are two occupied states, primarily originated from
C 2p and S 3p states that are located above the VB edge.

Insightful, and closely connected to the electronic structure of materials are optical
functions. For the ongoing design of enhanced semiconductor applications, in-depth knowl-
edge of absorption coefficient and refractive index dispersions is necessary. The depth to
which light at a given wavelength (energy) traverses a material before being absorbed is de-
fined by the absorption coefficient, which provides information about the optimal efficiency
of energy conversion. In Figure 4, we plotted the absorption spectra versus wavelength
(from 0 to 800 nm) for BaTiO3 and the doped derivatives configurations to see the impact
of the band gap narrowing on the optical response to photon absorption. According to
an investigation of optical absorption characteristics, pure BaTiO3 can accumulate only in
the UV area, appearing at one peak as λ = 345 nm, and has no response to visible-light
absorption. The anionic-anionic co-doping extends the absorption coefficient leading to
the appearance of more peaks compared to that of the pure BaTiO3. These rising peaks are
known as absorption edges. The optical absorption spectrum of the P–P doping system
shows three peaks, the first one at 290 nm and the second one at λ = 370 nm, in which the
most interesting peak appears in the blue zone of the visible spectrum at λ = 470 nm but
with less intensity compared to the former peaks. The C–S doping configuration is more
interesting as it shows a redshift of the BaTiO3 spectra with four peaks in the visible ranges
at 388 nm, 425 nm, 513 nm, and 590 nm, the reasonably highest absorption intensity being
4.25 × 105 (cm−1). The N–P co-doping shows a peak in absorption with an intensity of
6.1 × 105 (cm−1) in the start of the violet wavelength (380 nm) and two more peaks at blue
and green wavelengths. The N–N co-doping produces two peaks in blue and green wave-
lengths with 2.82 × 105 (cm−1) absorption intensity. We can relate this different behavior to
the band gap already calculated in Figure 4. In practice, at low frequencies, free carriers
are connected to the primary electronic conduction mechanism in a semiconductor. As the
photon energy increases and gets closer to the energy gap, a new conduction mechanism
may emerge. An inter-band transition occurs when an electron is excited by a photon from
an occupied state in the valence band to an unoccupied state in the conduction band. We
anticipate that inter-band transition will have a threshold energy at the energy gap. The fre-
quency dependence of the absorption coefficient for direct allowed transitions is governed
by the following formula: αabs(ω) ∝ 1

ω

√
}ω− Eg. As a result, a threshold at the energy
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gap Eg determines the direct optically permitted inter-band transitions in our materials. As
a result, there are many different physical processes with a different frequency dependence
of αabs(ω). In some cases, using the imaginary part of the dielectric function, given by
ε2(ω) = ñc

ωαabs(ω) , to describe absorption is preferable, where ñ denotes the index of
refraction. Furthermore, the absorption coefficient of an indirect inter-band transition in

which a phonon is absorbed is: αabs(ω) = Ca
(}ω−Eg+}ωq)

2

exp(}ωq/kBT)−1
, where Ca is a constant for

the phonon absorption process, }ωq is phonon energy, and kB represents the Boltzmann
constant (8.380649 J K−1 mol−1).
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Figure 4. Calculated optical absorption spectra for pristine and anionic-anionic co-doped BaTiO3 at
the HSE06 level.

The determination of the energy-band potentials of photocatalysts is crucial for under-
standing the photocatalytic mechanism of semiconductor materials, since the energy-band
potentials of semiconductor-based photocatalysts are closely connected to the redox poten-
tial of photogenerated charge carriers. The respective locations of VB and CB potentials of
pristine BaTiO3 can be computed through the expression [5]:

ECB = χ − 0.5Eg + E0 (5)

EVB = ECB + Eg (6)

where Eg represents the band gap calculated using HSE06 functional, χ is the absolute
electronegativity, and E0 is the hydrogen dimension’s free-electron energy (~4.5 eV). For
pure BaTiO3, the CB edge is found to be 0.385 eV larger than the reduction potential, and
the VB edge is 0.89 eV smaller than the oxidation potential, indicating good agreement
with previous work [36]. It indicates that while pure BaTiO3 is very effective at splitting
water, it can absorb only UV light, which reduces the efficiency of its photocatalytic activity.
The alignments of the band edge of pure BaTiO3 are shown in Figure 5 with respect to
the redox potentials of water [40]. According to the findings of the band alignment, the
designed co-doping systems have the capacity to thermodynamically split water because
the CB and VB edge locations of N–N, P–P, N–P, and C–S co-doped BaTiO3 are situated
outside the redox potential of water. This demonstrates that both the photo-reduction and
the photo-oxidation of water are beneficial processes in this system. Therefore, anionic
co-doped BaTiO3 materials would make good water-splitting candidates when exposed to
visible light.
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4. Conclusions

We performed hybrid density functional calculations to thoroughly examine the
crystal geometry electronic structures and optical properties of anionic mono-doped and
anionic-anionic co-doped BaTiO3 in order to generate efficient water redox photocatalysts.
According to our findings, most of the co-doping systems can successfully lower the for-
mation energy of the associated mono-doped system. Therefore, co-doping configurations
are suitable under O-rich conditions. It was found that the formation energies of all the
co-doped systems and anionic mono-doped systems increase monotonically as the chem-
ical potential of O rises. Moreover, the anionic co-doping combinations (N–N, P–P, N–P,
and C–S) generate completely filled dopant states in the band gap region, resulting in a
reduction in the effective band gaps. It was also revealed that the double-hole anionic co-
doped BaTiO3 is proven to be a successful absorber of visible light by the computed optical
absorption curves. Additionally, the locations of the band edges in relation to the redox
potentials of water demonstrate that anionic co-doping pairs can meet the needs of H2 and
O2 generation. According to these findings, combining anionic co-doping pairs via double
holes is an efficient method for tuning the band gap of wide–band gap semiconductors,
and for creating very effective catalysts for water splitting of solar light.
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Abstract: The direct or indirect discharge of toxic and non-biodegradable organic pollutants into
water represents a huge threat that affects human health and the environment. Therefore, the
treatment of wastewater, using sustainable technologies, is absolutely necessary for reusability.
Photocatalysis is considered one of the most innovative advanced techniques used for pollutant
removal from wastewater, due to its high efficiency, ease of process, low-cost, and the environmentally
friendly secondary compounds that occur. The key of photocatalysis technology is the careful
selection of catalysts, usually semiconductor materials with high absorption capacity for solar light,
and conductivity for photogenerated charge carriers. Among copper sulfides, CuS (covellite), a
semiconductor with different morphologies and bandgap values, is recognized as an important
photocatalyst used for the removal of organic pollutants (dyes, pesticides, pharmaceutics etc.) from
wastewater. This review deals with recent developments in organic pollutant photodegradation, using
as catalysts various CuS nanostructures, consisting of CuS NPs, CuS QDs, and heterojunctions (CuS/
carbon-based materials, CuS/organic semiconductor, CuS/metal oxide). The effects of different
synthesis parameters (Cu:S molar ratios, surfactant concentration etc.) and properties (particle
size, morphology, bandgap energy, and surface properties) on the photocatalytic performance of
CuS-based catalysts for the degradation of various organic pollutants are extensively discussed.

Keywords: CuS nanostructures; heterojunctions; photocatalysis; organic pollutants; wastewater treatment

1. Introduction

The global population growth has resulted in constantly increasing environmental
pollution, with serious consequences for human health. Harmful impacts on humans,
animals, and the environment are due to the water resource contamination with inorganic,
i.e., heavy metals [1–3], and organic, pollutants. Toxic, non-biodegradable, and recalcitrant
organic pollutants, such as dyes [4–7], pesticides [8], pharmaceutical active compounds
(PhACs) [9,10], and other organic pollutants [11,12], are discharged into water from various
industries: textile, leather, food, pharmaceutical, cosmetic, agriculture, plastic, etc. Conse-
quently, the removal of these pollutants from wastewater, via appropriate technology, still
remains a great challenge for worldwide researchers.

In this context, many technologies, such as sedimentation, reverse osmosis (RO), co-
agulation, flotation, solvent extraction, electrolysis, biodegradation, ozonation, sonolysis,
sonophotocatalysis, gammaeradiolysis, photo-Fenton, photo-, electro-, and photoelectro-
catalysis and chemical catalysis, and combined anaerobic photocatalysis with membrane
techniques, have been developed [10,13–15]. Among these technologies, photocatalysis,
an advanced oxidation process (AOP), has attracted considerable attention as a green and
sustainable technology with promising prospects in global environmental issues reme-
diation [16–18]. Although the photocatalytic degradation of organic pollutants has been

111



Catalysts 2022, 12, 1135

proven to have significant results, its application at the industrial level faces certain defi-
ciencies related to the efficient use of solar energy, mainly due to the high photo-generated
carriers recombination rate [19,20]. Thus, the design and development of low-cost and
highly efficient catalysts is the main topic in photocatalysis research. Semiconductor mate-
rials, with wide solar selective spectral response, high activity, and increased chemical and
physical stability, are the most frequently used photocatalysts. As wastewater treatment
technology, semiconductor-based photocatalysis has numerous advantages, such as sim-
plicity, ease of handling, good reproducibility, high efficiency, and low costs. Moreover, it is
an ecological, non-toxic and energy-free technology [5].

An important class of semiconductor photocatalysts is that of metal sulfides. For these
materials, the band gap energy can be easily tuned by simply controlling the particle size
without changing the chemical composition of the metal sulfide.

Copper sulfides (CuxS, x = 0.5–2), one of the most significant metal chalcogenide
representatives, have been intensively studied in recent decades, due to their particular
properties (optical and electrical), that result from their various chemical compositions and
morphologies. Considering the chemical composition (x variation), at least eight crystalline
phases of CuxS have been reported to date, ranging from the “copper low” sulfide CuS2
(copper disulfide, x = 0.5) to the copper-rich phase Cu2S (chalcocite, x = 2).

Adjusting the chemical composition (x value), optoelectronic properties are modified,
affecting the photocatalytic performance of CuxS catalyst. Generally, the increase of x causes
a decrease in the CuxS photocatalytic activity. Copper sulfides with x = 1.8–2 act as more
efficient materials for solar cells and optoelectronic devices than as photocatalysts [21–23].
Accordingly, it was reported [24] that Cu2S NPs (0.08 g/L pollutant solution), obtained
by a template free polyol reaction, degraded only 51% of dye ABRX-3B (100 mg/L) un-
der Vis light (300W Xe lamp), after 100 min. More recently, the photocatalytic activity
of Cu2S-metal oxide(s) heterostructures, prepared by a simple two-step sol–gel proce-
dure, was studied under UV and UV–Vis irradiation scenarios using herbicide S-MCh
(30 mg/L) as the reference pollutant [25]. The results showed that the three-component
heterostructure of Cu2S/TiO2/WO3 had higher photocatalytic efficiency (61%) compared
with two-component heterostructures, 30% for Cu2S/TiO2, and 28% for Cu2S/WO3, re-
spectively, after 8 h in UV-Vis light irradiation. A lower photocatalytic efficiency (~10%)
was reported for Cu9S5 (Cu1.8S) MCs in the degradation of MB solution (5.8 mg/L), under
Vis light irradiation, after 175 min [26].

Another potential non-stoichiometric copper sulfide catalyst is Cu7S4 (Cu1.75S). How-
ever, its photocatalytic application is reduced, due to both the high recombination rate of
the photogenerated electron/holes, and also to the powder recycling issues. Thus, as an
efficient alternative to powders, flexible Cu mash/Cu7S4 films were developed via a facile
in situ anodization technique [16]. Using Cu/Cu7S4 films of 4 cm2 area as catalysts, the
highest efficiency in the photocatalytic Fenton-like dye MB (10 mg/L) degradation was
98.4%, under simulated sunlight, after 140 min.

Over recent years, the CuS semiconductor has been shown to be a promising candidate
for visible light photocatalysis, due to its narrow band gap and good optical absorption
properties in the Vis-NIR region. Based on the increased photocatalytic performances of
CuS, compared with CuxS ( x = 1.8–2) and Cu1.75S (more efficient and more environmentally
friendly as films), therefore, a large amount of research was conducted for this review,
which is focused on the use of CuS nanostructured powders as photocatalysts for organic
pollutant degradation in wastewater.

Due to its special properties, e.g., increased conductivity at high temperature, su-
perconductivity at 1.6 K, (electro)chemical-sensing capabilities, low-toxicity, nonlinear
optical and ideal solar energy absorption capacity, CuS shows a versatile range of ap-
plications, including solar thermal collectors [27], artificial photosynthesis [28], gas sen-
sors [29–32], biosensors [29,33,34], photodynamic therapy of cancer [29,32,34], lithium-ion
batteries [29,35], supercapacitors [29,36], photoconductors [37], water disinfection [38–41],
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hydrogen production via water splitting [37,42], thermoelectric materials [29], and photo-
catalysis [4,37].

According to literature [10,14,43,44], the lack of chemical stability, fast recombination
of photogenerated charge carriers, and particle aggregation in solution are still significant
drawbacks of a single semiconductor photocatalyst, such as CuS. An effective solution
to these impediments is heterojunction construction with additional advantages, such as
improving solar energy absorption and carriers charge transfer rate. The photocatalytic
performance of CuS nanostructures (NSs) and CuS-based hetero-nanostructures depends
on particles size, surface area, morphology, and the interface properties, that can be tailored
by tuning the synthesis methods and/or conditions.

In recent years, many studies have been developed on CuS NSs with applications
in environmental issues, especially in wastewater treatment. In this review, the photocat-
alytic activity of various CuS-based nanostructures for degradation of different organic
pollutants, such as organic dyes, pesticides, phenol and phenolic compounds, pharma-
ceutical active compounds, etc., under simulated (UV, Vis) and sunlight irradiation, is
extensively discussed. This study aims to identify the photocatalytic performances of
recently reported CuS-based catalysts, for possible future improvements so as to ensure it
is as efficient as possible for the degradation of industrial organic pollutants in wastewater
effluents. In Figure 1 is illustrated the schematic representation of this review regarding
CuS-based nanostructures photocatalysts obtaining, their specific properties (morphology,
band gap energy, specific surface area), and application in organic pollutants degradation
from wastewater.
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2. CuS Nanostructures with Different Morphologies as Catalysts for Organic
Pollutant Photodegradation

At room temperature, CuS (covellite) has a hexagonal crystalline structure (space
group P63/mmc, a = 3.8020 Å, c = 16.430 Å) consisting of unit cells, in which layers of
planar CuS3 (triangles) and CuS4 (tetrahedrons) with S−S bonds alternate. At 55 K, the
CuS hexagonal structure changes to orthorhombic, due to second-order phase transition
resulting in orthorhombic distortion of the Cu-S and S-S bond lengths [45,46].

The energy band alignments and total–partial density of states, calculated with the
generalized gradient approximation (GGA) of the density functional theory, showed that
CuS has significant metallic behavior due to p(S)−d(Cu) orbital interactions up to Fermi
level [45]. The Fermi level, an empty energy band induced by both copper vacancy
and sulfur vacancy on the top of VB, is an important factor in the evaluation of CuS
photoelectronic properties, mainly related to the potential local surface plasmon resonance
(LSPR) [47]. Due to its deficiency in Cu atoms (comparing with Cu2S), CuS exhibits the
highest concentration of free carriers (holes) in the VB, resulting in LSPR bands in the NIR
region, hence having extended light absorption [48].
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As a copper sulfides class representative, CuS is a p-type semiconductor with a
bandgap energy ranging from 1.7 eV to 3.46 eV [33,49] but, for most CuS, the Eg values
are in the range of 1, 7–2.2 eV. Controlling the CuS semiconductor morphology (shape and
particle size), the band gap can be tailored without changing the chemical composition of
the material [50]. For example, the band gap energy for CuS nanoparticles (NPs) can vary
from 1.7 to 2.14 eV, depending on morphology: 1.7 eV for hollow spheres [51], 1.87 eV for
nanoflowers [52], 1.97 eV for microspheres [53], 2.1 eV for nanoplates [54] and 2.12 eV for
flake-like nanostructures [55].

Thus, many works have reported the preparation of CuS with different morpholo-
gies, from quantum dots (QDs) to 3D hierarchical CuS architectures consisting of 1D
nanotubes, using methods such as hydrothermal [50,56,57], solvothermal [58–63], co-
precipitation [64,65], photochemical precipitation [66], mechanochemical [67,68], thermoly-
sis [49], chemical reduction [69], microwave assisted growth [70] and solid-state reaction
routes [71]. However, the preparation of uniform CuS nanostructures, through simple, fast,
ecological and low-cost technologies, still remains a significant challenge for all researchers
in the field.

Covellite nanoparticles (CuS NPs) with remarkable chemical, structural and surface
properties, significantly different from those of bulk, are considered promising photo-
catalytic materials [55]. The photocatalytic properties of CuS catalyst can be tailored by
changing preparation method parameters. In addition, the photocatalyst dosage, the pol-
lutant and its concentration, the type and intensity of the irradiation source are other
important factors to be considered in the photodegradation process. The photocatalytic
activity of CuS-based nanostructures for the degradation of different organic pollutants is
selectively presented in Table 1.

Table 1. Representative studies on organic pollutants photodegradation using nanostructured CuS-
based catalysts.

Catalyst Synthesis Method Pollutant Conc.
(mg/L)

Catalyst
Dosage (g/L) Light Source η* (%) t (min) Ref.

CuS NPs ST MB (500) 0.5–2 UV (90 W Xe lamp)
Vis (160 W Hg -W lamp)

98.26
100 30 [72]

CuS NPs ST
MB (6.4)
CR (13.9)
RhB (9.6)
EY (13)

0.03
UV (12 W G8 T5 Philips)

Vis (160 W Hg lamp)
Solar

70.79, 85.13,
90.29

75.47, 63.21,
60.35

50.04, 60.37,
69.23

79.49, 56.02,
91.97

240 [61]

CuS NPs Aqueous solution
route

MB (20)
MB + H2O2

0.1 Vis (150 W Xe arc lamp) 39
92 90 [52]

CuS NPs Sulfate reducing
bacteria (SRB)

MB (16)
RhB (24) + H2O2

0.3–0.5 Vis (600 W halogen lamp) 94
61.2

5.5
25 [55]

CuS NPs PVP assisted ST MB (400) + H2O2 0.1 Solar 96.5 48 [53]

CuS 3D NSs ST MB (20) + H2O2 0.2 Vis (10 kW/m2, CEL
HXF 300) 90 30 [62]

CuS NPs Solution aerosol
thermolysis

MB (12.8)
RhB (9.6)

MO (9.8) + H2O2

1 Vis (300 W Xe lamp)
98
98
50

15
50
45

[27]

CuS MCs
Subcritical &
supercritical

methanol reaction
MB (5.8) 0.2 Vis (25 W day-light lamp) 85.4 300 [26]

CuS NPs CoPp RhB (20)
RhB + H2O2

0.05 Vis (150 W Xe lamp) 99
99

120
60 [51]

CuS QDs Mechano-chemical RhB (10)
RhB + H2O2

0.4 Vis (150 W Xe lamp) 60
95 30 [67]
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Table 1. Cont.

Catalyst Synthesis Method Pollutant Conc.
(mg/L)

Catalyst
Dosage (g/L) Light Source η* (%) t (min) Ref.

CuS NPs Mixed solvent
route RhB (50) + H2O2 0.2 Vis (1000 W halide lamp) 94 60 [73]

3D CuS NSs ST & self-assembly RhB (50) + H2O2 0.2 Vis (150 W Xe lamp) 99 45 [74]

3D CuS NSs
One-step in situ

heating
sulfuration route

MB (10)
RhB (10)

MB/RhB + H2O2

1.25 Vis (300 W xenon lamp)
99
99
99

25 [75]

CuS NPs
One pot synthesis

from Cu(II)
dithio-carbamate

CR (100) 0.5 Solar 100 40 [54]

CuS NPs Solid-state reaction
MoO (60)
SO (60)
AO (60)

0.1 Vis (500 W Hg lamp)
51
22
45

180 [71]

3D CuS NSs HT 4-CP (100)
4-CP + H2O2

1 Vis (49.700 lux) 62
83 300 [57]

CuS NPs
Cu2S NPs

CuS-Cu2S NPS

One-step HT
(tuning Cu:S
molar ratios)

RhB (10) + H2O2 0.2 Vis
(250 W cold Xe lamp)

96
87
92 5 [56]

CuS-Cu2S NPs Chemical reduction

MB (3.2)
MG (3.65)
MO (3.27)
MV (3.6)

RhB (4.79)

0.4 Solar

61.95
90.25

9.4
85.03
70.16

100
40

180
60
80

[69]

CuS/KCC1 ST HA (2) 0.1 UV-C (18 W lamp) 89.5 90 [76]

CuS/ZnO HT MB (9.6)
TB (16.2) 0.7 Vis (52 W renewable

household Philips LEDs)
93

87.5
16
18 [77]

Cu1-xAgxS (0.0 ≤
x ≤ 0.1) CoPp MB (6) 0.25 Vis (indigenous

light reactor) 75.4 90 [33]

CuS/rGO CoPp MG (10) 0.1 Solar 99.2 90 [14]

CuS/CQDs
Carbonization of
water hyacinth

weed + SG (CuS)
BG (50) 0.09 Vis (200 W tungsten

lamp) 96 90 [78]

CuS/CQDs
Carbonization of

peanut shells
+ HT (CuS)

PAN (20) 0.2 Vis (400 W Hg lamp) 96.5 150 [50]

CuS/PDI Two-step
self-assembly TC (50) 0.6 Vis (300 W Xe lamp) 90 120 [79]

CuS/rGO SG ATZ (50) 0.8 Vis (300 W Xe lamp) 100 20 [43]

CuS/WO3-AC HT ASP (10) - Vis (400 W metal
halide lamp) 97.6 150 [80]

η* is the efficiency degradation of pollutant after t min of irradiation.

The Vis and natural light-driven photocatalytic degradation of cationic azo dye methy-
lene blue (MB) using CuS nanoparticles (NPs) with different morphologies, has been
demonstrated to be an attractive topic for many research. Flower-like [52], hollow mi-
crospheres [53], and flake- and spherical-like CuS NPs [55], prepared by simple aqueous
solution route, facile PVP assisted solvothermal process and biological sulfate reduction,
were investigated as photocatalysts in the degradation of MB, in the absence/presence
of H2O2.

The CuS nanostructured flowers, with diameters of about 800–1200 nm, Eg = 1.87 eV
and BET surface areas of 61.55 m2/g, obtained by using a simple aqueous solution route
without any surfactant addition, removed only 39% MB after 90 min, under Vis light
irradiation [52]. The addition of H2O2 in the photocatalytic system significantly increased
the degradation efficiency to 92%, after the same irradiation time. This increase was due to
the presence of H2O2 molecules, which enhanced the dye degradation by accelerating the
formation of hydroxyl radicals (·OH), the active species which promote the oxidation of
MB into smaller, non-toxic molecules [52,81].

An enhanced photocatalytic efficiency (94%) in the degradation of MB under natural
light (sunlight), in the presence of H2O2, was reported for CuS hollow microspheres
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mesoporous structures with a bandgap of ~1.97 eV and surface area of 36 m2/g [53].
The CuS hollow microspheres nanostructures were obtained by the solvothermal process,
varying the amounts of PVP surfactant (0–2 g), the copper/sulfur precursors, and solvents,
while the precursor ratios were maintained at constant during the experiments. The average
diameter of microspheres in the nanosheets-based hierarchical structure was about 2.3 µm.
The studied photocatalysts showed excellent stability and recyclability, with 96.5% of the
dye removed after 6th cycle. The photocatalytic performance of CuS catalyst was attributed
to its hollow microsphere morphology, which favors the absorption of more MB molecules,
promotes the light generated charge carriers transfer to the reactive surface and allows
rapid diffusion of the reactants and products during the oxidation/reduction reaction [53].

CuS NPs with two different morphologies were synthesized via the sulfate reducing
bacteria (RBS) method by changing the copper precursor concentration: lower concentra-
tions favored the obtaining of flake-like nanoparticles (Eg = 2.12 eV) with an average width
of 25 nm and average length of 130 nm, while spherical-like CuS NPs (Eg = 2.14 eV), with
average diameter in the range 30–50 nm, were synthesized at higher concentrations [55].

Both the flake-like and spherical-like CuS NPS showed high photodegradation effi-
ciency for the MB + H2O2 system, respectively 94% after 5.5 min and 93% after 1 min illu-
mination with a halogen lamp (600 W). Although these photocatalysts have the advantage
of being used in applications that require short irradiation time or short catalyst–pollutant
contact time, their reusability is still an open-issue for further studies.

The studies mentioned above confirm that the photocatalytic activity of CuS NPs with
hollow microspheres or spherical-like morphologies, with consistent shape and size of
spherical particles, was higher than that of CuS NPs with non-spherical structures.

The MB dye photodegradation mechanism, through oxidation/reduction reactions, us-
ing CuS NPs as the photocatalyst, in the absence/presence of H2O2 molecules, is illustrated
in Figure 2.
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Figure 2. The photocatalytic degradation mechanism of MB dye using CuS NPs photocatalyst under
sunlight irradiation.

The adsorption and photocatalysis performance of CuS nanostructures with different
morphologies of particles, prepared by a simple co-precipitation method using Cu(NO3)2
and thioacetamide as precursors, for degradation of the dye Rhodamine B (RhB) aqueous
solutions (20 mg/L) under Vis light irradiation (150 W Xe lamp equipped with a glass filter)
were evaluated by Li and Wang [51]. It was reported that CuS NPs with different mor-
phologies (flakes, rods and hollow spheres), and Eg = 1.7 eV had good photodegradation
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efficiency for RhB, with removal rates higher than 85% within 120 min. As was expected,
CuS hollow spheres, with 400–3500 nm outer diameter and 10–400 nm thickness, formed by
self-assembly of nanoparticles with sizes in the range 1–2 µm, showed a RhB photodegra-
dation of 99% in 120 min. The addition of a small amount of H2O2 (1mL/100 mL dye
solution) had the result of halving the time necessary for photodegradation of 99% RhB
with high concentration (50 mg/L) in wastewater. The increased photocatalytic activity of
the CuS NPs, attributed to the combination of the adsorption and photocatalysis processes,
demonstrates the potential application of CuS NPs photocatalyst in high dye concentration
wastewater treatment.

The photocatalytic activity and stability of CuS QDs in degradation of RhB solutions
under visible light illumination (150 W Xe lamp) were studied by Li et al. [67]. Using
a low-cost and simple mechanochemical ball milling method, CuS powders containing
ultrafine crystals with uniform size (1–5 nm) and an average diameter of 2.9 nm, were
prepared. The calculated BET surface area of about 90.0 m2/g, which was significantly
higher than that of CuS NPs (30.6 m2/g, [51]), was expected to improve the photocatalytic
activity of the CuS QDs. Higher specific surface area, with more reactive sites and shorter
migration distance, reduced the recombination rate of photogenerated electron/hole pairs.
Accordingly, the H2O2 addition increased the degradation efficiency of RhB from about
60% to 95%, after 30 min exposure in Vis light, due to the quantum effect of CuS QDs which
favors ultra-fast transfer of charge carriers from CuS QDs to RhB dye.

Based on previous studies, both CuS NPs and CuS QDs are excellent photocatalysts
for RhB degradation, depending on the dye concentration in wastewater: CuS QDs is more
efficient in wastewater with a low content of dye, while CuS NPs shows good efficiency in
dye-concentrated wastewater as well.

3D nanostructured CuS have been remarked on as materials with high solar catalytic
efficiency due to their large surface areas with sufficiently active sites, which improve CuS
surface-reactants contact [62].

The hierarchical 3D CuS nanostructures, prepared by low-temperature solvothermal
grow of 1D CuS nanotubes on a self-assembled 3D Cu(MAA)2 precursor, not only provided
the advantage of a large number of active sites on the surfaces, but also the advantages of
improved molecular/ionic transport (through the 1D nanotubes), and of good mechanical
stability (due to the 3D structure) [74]. The as-prepared 3D hierarchical CuS architectures
showed a degradation of almost 99% of RhB within 45 min, in the presence of visible light
and oxidizing agent (H2O2). The stability and reusability of the photocatalysts proved to
be quite good, the removal rate of RhB reaching 70% after 5 cycles.

A simple and one-step in situ heating sulfuration procedure was used to prepare the
CuS photocatalyst with a 3D hierarchical nanostructure with CuS nanoplates formed on
the copper foam precursor structure in [75]. According to this study’s results, the excellent
photocatalytic performance of 3D nanostructured CuS catalyst resulting in 99% degradation
of RhB + H2O2 solution when exposed in simulated solar light for 25 min, was attributed
to the synergistic effects of high optical absorption (Eg = 1.58 eV), and large specific surface
area (12.06 m2/g), resulting in sufficient reaction active sites. Moreover, the photocatalytic
activity and stability of the studied catalysts did not alter after 4 photocatalytic cycles,
which made them ideal recyclable catalysts.

CuxS nanoparticles with different compositions (x = 1, 2) and morphologies were
synthesized via simple and environmentally friendly methods, e.g., one-step hydrothermal
and thermal chemical reduction of S precursor with/without surfactant, in [56,69].

By tuning the molar ratios Cu:S (1:0.1–1:3) of copper acetate and sublimed sulfur pre-
cursors in polyethylene (PEG-400) surfactant, CuS, Cu2S, and CuS–Cu2S NPs with various
morphologies and particle sizes, and, therefore, different band gap energies, were obtained:

Cu2S spherical and irregular nanoflakes (Eg = 3.5 eV) for Cu:S = 1:0.25
Cu2S-CuS irregular flakes with 30 nm thickness (Eg = 2.72 eV) for Cu:S = 1:0.75
CuS irregular nanoflakes with particle sizes between 200 and 300 nm and thickness less
than 30 nm (Eg = 2.01 eV) for Cu:S = 1:1.
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The photocatalytic experiments showed that photocatalyst efficiency in RhB degra-
dation under Vis light (250W cold xenon lamp with cut-off wavelength of 420 nm), in the
presence of H2O2, increases with band gap energy decrease, thus CuS NPs degraded 96%
RhB in 5 min, while Cu2S and Cu2S-CuS NPs degraded 87% and 92% RhB respectively [56].

The RhB photodegradation reaction mechanism in presence of CuS NPs under visible
light irradiation is schematically presented in Figure 3.
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Figure 3. The reaction mechanism proposed for RhB photodegradation by CuS NPs catalyst.

When CuS photocatalyst absorbs photons from solar light or an irradiation source,
with energy equal or higher than its band-gap, the electrons from CB are transferred to VB,
resulting in photogenerated electrons CuS (e−) and holes CuS (h+). The H2O2 molecules
capture these photogenerated electrons and rapidly generate hydroxyl radicals (HO·) and
hydroxide ions (OH−), while the photogenerated holes react with H2O forming HO·. In
the meantime, RhB dye absorbs Vis light and undergoes a transition to its excited state
(RhB*), which transfers electrons to CuS, resulting in CuS(e−) and RhB+. Then, the highly
reactive radical HO· oxidizes and decomposes RhB+ to CO2, H2O and other salt ions [4,56].

Shamraiz et al. synthesized CuS–Cu2S NPs, with an average size less than 30 nm,
by chemical reduction of copper thiourea complex, without any surfactant, at moderate
temperature [69]. The CuS–Cu2S NPs were tested as photocatalysts in the degradation
of different dyes under direct sunlight (outdoor lightening), without H2O2 addition. The
results showed that the photodegradation process was faster for cationic dyes, such as MV
(85.03% in 60 min), MG (90,25% in 40 min) and RhB (70.16% in 80 min), but almost negligible
for the anionic dye MO (9.4% in 3 h). This behavior of the CuS–Cu2S catalyst in cationic
dye photodegradation was attributed to the presence of active negative charges (OH-) on
the catalyst surface, which were electrostatically attracted by cationic dye molecules, thus
facilitating the electron transfer under direct sunlight irradiation [69].

The photocatalytic performance of CuS nanoparticles, with size < 20 nm and specific
surface area of 34.37 m2/g, in the degradation of organic dye pollutants, MB, RhB, EY
and CR, under various light (UV, Vis and solar) irradiations, was evaluated by Ayodhya
et al. [61]. For CuS NPs synthesis, a simple, relatively fast and green (using xanthan gum
as a capping agent) solvothermal method was proposed. The photodegradation of the
MB, RhB, EY and CR dyes in the absence and presence of CuS NPs were studied under
similar experimental conditions, using UV, Vis and solar light sources. The photocatalytic
performances of CuS NPs are shown in Figure 4.
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Figure 4. The photocatalytic activity of CuS NPs in dyes degradation under different light irradiations,
for 4 h.

It can be observed that CuS NPs showed good photocatalytic activity for dye degrada-
tion in sunlight irradiation, ranging from 69.2% for RhB to 92% for EY. The exception was
CR which degraded better in UV light (75.5% photodegradation efficiency) in the presence
of CuS catalyst.

3. CuS-Based Heterostructures as Catalysts for Organic Pollutant Photodegradation

Although previous studies confirmed the successful applicability of CuS NP photocat-
alysts in the degradation of organic contaminants (especially organic dyes), the photocat-
alytic efficiency of single CuS is quite low for the complete degradation of persistent, much
more toxic, organic compounds (dyes, pharmaceuticals, pesticides) from wastewater.

3.1. CuS/Carbon-Based Materials Heterostructures as Catalysts for Organic
Pollutant Photodegradation

Carbon quantum dots (CQDs), with sizes under 10 nm and fluorescent properties,
have large surface areas, high porosity, excellent electrical conductivity, relatively low
cost and toxicity, and high aqueous stability. Due to these properties, CQDs can act as
absorbents for water impurities, but also as supporting catalyst (co-catalyst) for the main
photocatalyst (CuS) [50,78].

Another promising supporting catalyst for CuS is reduced graphene oxide (rGO) with
high surface area, efficient electron transfer, and superior conductivity [39,52].

Therefore, the CuS/CQD and CuS/rGO composites could be attractive solutions for
photocatalytic degradation of persistent organic contaminants under Vis light irradiation.

Recent investigations on the degradation of brilliant green (BG) highly toxic dye,
usually used in textiles and paper industries but also in poultry feed to avoid fungi and
parasite contagion, and panadol (PAN), one of the top three most commonly prescribed
drugs in the world, were done using CuS/CQD photocatalysts [50,73]. In both studies,
CQDs were obtained by carbonization of vegetative wastes (water hyacinth weed, peanut
shells), while CuS NPs were prepared via sol–gel [78], respectively, hydrothermal [50]
methods. The structural, optical, surface and photocatalytic properties of CuS/CQD
composites and CuS NPs, together with organic pollutant details, are given in Table 2.
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Table 2. The structural, optical, surface and photocatalytic properties of CuS NPs and CuS/carbon-
based materials composites.

Catalyst Morphology Eg (eV) SBET (m2/g)

Photodegradation

Ref.Dye
η* (%) t (min)

Chemical Formula and Structure λmax
(nm)

CuS NPs spherical (10–12 nm) 3.46 9.36 BG, C27H33N2.HO4S
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η* is the efficiency degradation of pollutant after t min of irradiation.

Due to improved morphologies, large surface areas and reduced band gap energies,
and therefore, superior capacity for light absorption, these composites were shown to be
the most effective catalysts for dyes and active pharmaceutical photodegradation. The
CuS/CQDs catalyst act as a scavenger during the photocatalytic process, reducing the
electron-hole recombination rate, and the possible redox reactions are summarized in
Figure 5.

Both CuS/CQDsq photocatalysts were prepared via green techniques, representing an
easy and low-cost way to remove organic pollutants and plant waste from the environment
(i.e., wastewater).

The photocatalytic performance of CuS/rGO nanocomposites was evaluated for the
degradation of toxic persistent organic pollutants, malachite green (MG) and atrazine (ATZ),
under direct/simulated sunlight radiance [14,43]. Malachite green is a carcinogenic and
non-biodegradable dye used in numerous industrial applications. Atrazine, a commonly
used herbicide in the agriculture and food industries, is one of the most stable toxic
contaminants in polluted water. The molecular formulae and structures of the organic
pollutants, together with the structural, optical, surface and photocatalytic properties of
CuS/rGO composites and CuS NPs are presented in Table 2.
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Figure 5. The photocatalytic degradation mechanism of PAN drug using CuS/CQDs photocatalyst
under Vis light irradiation (400 W mercury lamp).

The experimental results revealed that the addition of various wt% of rGO in CuS had
significant contributions to persistent organic pollutant photodegradation with CuS/rGO
composite, such as the following: (a) enhanced light absorption and decreased bandgap
energy values from 2.08 eV to 1.76−1.9 eV; (b) ensured relatively large specific surface area
which provided more active reaction sites exhibiting strong photo-absorption of pollutant
molecules under solar/Vis light irradiations; (c) allowed strong adsorption of pollutant
molecules due to the oxygen-containing functional groups on the surface of rGO. The
mechanism of ATZ degradation by CuS/rGO photocatalyst is illustrated in Figure 6. The
absorption of light photons with energy (h
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The reusability and photo-stability studies showed that CuS/rGO heterojunction
nanostructure had the capacity to regenerate several times (e.g., 5 times), without a signifi-
cant loss in its photodegradation efficiency, therefore exhibiting a high stability under light
irradiation [14,43].

3.2. CuS/Organic Semiconductor Heterostructures as Catalysts for Organic
Pollutant Photodegradation

PDI, one of the most studied organic fluorescent dyes, has excellent optoelectronic
properties, specific to an n-type semiconductor, and, therefore, is used in solar cells and
sensor applications. Supramolecular architectures (NS 1D) formed by self-assembled
PDI are of particular interest in photocatalytic materials development due to their high
photo-thermal stability, charge mobility, and electron affinity [79,82].

A recent study [79] reported the synthesis of a novel CuS/PDI p-n heterojunction
photocatalyst for removal of tetracycline (TC) from wastewater. The CuS/PDI composites
were prepared using a two-step self-assembly procedure, varying the CuS concentration
(5%, 10%, 15%) in self-assembled PDI. By comparison with pure self-assembled PDI and
CuS nanosheets, higher efficiency in photodegradation of TC, under simulated visible light,
after 2 h, was obtained for the CuS10%/PDI catalyst. Thus, before coupling, both pure CuS
(Eg = 2.01 eV, SBET = 1.87 m2/g) and PDI (Eg = 1.67 eV, SBET = 0.76 m2/g) catalysts showed
poor photocatalytic performance, meaning about 40% and 60%, respectively, within 120 min.
After coupling, and p-n heterojunction formation, the CuS/PDI composite (Eg = 1.71 eV,
SBET = 39.43 m2/g) exhibited higher efficiency (about 90%) for TC degradation. The
enhancement of CuS/PDI photocatalytic activity was mainly attributed to the highly
ordered H-type p-p stacking in the PDI structure and the p-n junction, which allowed
the fast separation of the photo-generated charge carrier pairs. After the formation of a
p-n junction, the photo-electrons were transferred from CuS CB to self-assembled PDI CB,
under the action of the internal electric field, while photo-holes migrated in the opposite
direction, from the self-assembled PDI VB to that of CuS. The transferred electrons further
reacted with O2, resulting in peroxide ion radicals ·O2

- and holes, which produced active
radicals ·OH after the reaction with H2O. Both active oxidized radicals acted as reactants in
further decomposition of TC on the catalyst surface (Figure 7).
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The stability and reusability experiments encountered some problems with the pow-
der catalyst, therefore PDI/CuS composite was coupled with the modified cotton fibers
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through electrostatic adsorption. The newly-designed photocatalytic fabric was tested
under simulated actual water quality conditions and, after 5 cycles, the degradation rate
was maintained at about 80%, which indicated good reusability [79].

3.3. CuS/Metal Oxide Heterostructures as Catalysts for Organic Pollutant Photodegradation

Wide band gap semiconductors, such as TiO2 (Eg = 3.25 eV [83]), SnO2 (Eg = 3.4 eV [84])
and ZnO (Eg = 3.2 eV [85]), perform better as photocatalysts in the UV region, which causes
their limited use in industrial applications, and, thus, a significant increase in process
costs. Another factor that limits their photocatalytic efficiency is the rapid recombination
of charge carriers. To extend the photocatalytic response in the Vis spectral region, and
to reduce the recombination processes, many heterojunctions have been developed in
recent years by coupling a wide band gap semiconductor with a suitable narrow band
gap semiconductor, such as CuS. Most of the previously published review articles on
CuS nanostructured materials have focused on synthesis methods, special properties, and
prospective applications [28,29,36]. More recently, in a mini-review, we published the
developments on dye photodegradation using various copper sulfide-based heterojunc-
tions (copper sulfide/metal oxide, copper sulfide/metal sulfide, copper sulfide/graphene,
copper sulfide/organic semiconductors) as catalysts [4].

Recently, Sudhaik et al. [46] published an extensive literature study (review) on CuS
and different CuS-based heterostructured materials as photocatalysts for wastewater treat-
ment. Thus, in this part of the article, approaches related to recently developed CuS-based
heterojunctions as catalysts for organic pollutant photodegradation are highlighted, issues
that were not considered in the previously mentioned publications.

The enhanced visible light photocatalytic efficiency of type II heterojunction CuS/ZnO
in MB and toluidine blue (TB) degradation was reported by Khausik B et al. [80]. The
CuS/ZnO photocatalyst was obtained by assembling p-type CuS NPs on n-type ZnO
heterostructures, using hydrothermal method. For the photocatalysis experiments, 35 mg
of CuS/ZnO catalyst and 50 mL aqueous solution of MB (3 × 10−5 M), respectively
TB (6 × 10−5 M), were used. The photocatalytic experiments showed that the tandem
structure of CuS/ZnO had excellent photocatalytic efficiency for MB and TB, with 93%
and 87.5% dyes degradation within 16 respectively 18 min, under visible light irradiation.
The remarkable photocatalytic activity was attributed to the CuS/ZnO p-n heterojunction
formation, which favored the efficient separation of photoinduced charge carriers.

Based on scavenging experiments using different trappers, the mechanism proposed
for the degradation of MB and TB under Vis light corresponds to type II heterojunction CuS-
based photocatalyst (Figure 8), allowing the transfer of electrons and holes to the other semi-
conductor from heterojunction (ZnO), when spatial charge carriers separation occurred.

To summarize, in the photocatalytic degradation of dyes by CuS/ZnO catalyst, the
photo-excited electrons and holes generate highly reactive hydroxyl radicals (HO·) which
decompose pollutants into CO2, H2O and other environmentally friendly compounds that
do not require any other chemical or physical treatment.

Recently, WO3 with activated carbon (AC, 1% and 2%) and co-doped with CuS (10%,
15%) composites, WO3-AC/CuS, were prepared via a facile hydrothermal method [80].

The hydrothermal method was used because it allows the control of the composite’s
structural, morphological and optical properties, in order to increase photocatalytic activity,
by varying the synthesis parameters, such as temperature and time. The nano-rod-like
structure (500 nm with size of nano-rods of 80–89 nm) of WO3 became sharper and clear
after doping with AC and was covered with small nanoflowers of hexagonal CuS in
WO3-AC/CuS composites. This morphology demonstrated itself to be suitable for the
degradation of organic pollutants, in this case aspirin. In addition, the UV–Vis analysis
results showed that increasing the AC and CuS amounts in WO3 caused the bandgap energy
to decrease from 2.49 eV (WO3) to 2.3 eV (WO3-2% AC), and to 1.92 eV for WO3-2% AC/15%
CuS. This reduction of band-gap energy confirmed that the addition of CuS enhanced the
optical properties, and, therefore, the photocatalytic performance of WO3-Ac material.
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The photocatalytic experiments were focused on the comparative degradation of
aspirin (10 mg/L), as an active pharmaceutical contaminant model, under Vis light (home-
made photocatalytic reactor with a 400 W metal halide lamp) in the presence of catalysts
WO3, WO3-AC and WO3-AC/CuS.

The results showed that ASP photodegradation increased from 40% (WO3) to 97.6%
when WO3-AC/CuS heterostructure was used as catalyst, after 150 min of Vis light illumi-
nation. This high photocatalytic activity was due to the increase of the photo-generated
charges recombination ratio and the decrease of the photon depth penetration. The pro-
posed mechanism for the degradation of ASP by WO3-AC/CuS photocatalyst is schemati-
cally presented in Figure 9.
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Figure 9. The reaction mechanism for ASP photodegradation by WO3-AC/CuS catalyst.

4. Conclusions

Covellite (CuS), a p-type semiconductor, is a promising Vis light-responsive photocat-
alyst due to its narrow bandgap (Eg = 1.7–2.2 eV) and good optical absorption properties
in the Vis to NIR region. In this review, the influence of different CuS properties (mor-
phology, particle size, bandgap energy, and surface properties) and synthesis parameters
(Cu:S molar ratios, precursor concentration, surfactant amount in precursors solutions, etc.)
on the photocatalytic activity of CuS-based catalysts (CuS nanostructures and CuS-based
heterostructures) for various toxic, non-biodegradable, and recalcitrant organic pollutants
(dyes, herbicides, active pharmaceuticals compounds) degradation was discussed.
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Photocatalytic performances of CuS nanostructures and CuS-based heterostructures
in organic pollutants removal from wastewater contribute to the further development of
various CuS-based photocatalysts with enhanced solar energy conversion efficiency for
environmental remediation and green energy production.
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Abbreviations

MCs microcrystals
HT hydrothermal
ST solvothermal
SG sol–gel
CoPp Co-precipitation
MV methyl violet
MG malachite green
MO methyl orange
EY eosin Y
CR congo red
MoO mordant orange
SO safranine orange
AO acridine orange
ABRX-3B active brilliant red X-3B
4-CP 4-chlorophenol
HA humic acid
ASP aspirin
S-MCh S-metolachlor
PVP polyvinylpyrrolidone
KCC1 Fibrous silica KAUST Catalysis Centre
MAA methacrylic acid
PDI perylene diimide
CB conduction band
VB valence band
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Abstract: To shift towards the greener city, photocatalytic urban infrastructures have emerged as a
promising solution for pollution remediation. To reach this goal, the large bandgap semiconductors,
such as nontoxic Zinc Oxide (ZnO), already proved their excellent photocatalytic performances.
However, integrating and developing cost-effective and greener photocatalytic surfaces with an
easily scaled-up synthesis method and without energy and chemical product overconsumption is
still challenging. Therefore, this work proposes to develop a depolluting Zinc (Zn) roof covered
by ZnO nanostructures (NSs) using a one-step seedless hydrothermal growth method in 2 h. The
feasibility of this synthesis was firstly studied on small areas of Zn (1.25 cm2) before being scaled up
to medium-sized areas (25 cm2). The efficiency of this functionalization route for ZnO NSs grown
without seed layer was attributed to the presence of Zn2+ sites and the native oxide film on the Zn
surface. Their photocatalytic efficiency was demonstrated by removing in less than 3 h the Methylene
Blue (MB) and Acid Red 14 (AR14) in both DI water and rainwater under UV-light. Promising results
were also recorded under solar light. Therefore, the photocatalytic Zn roof functionalized by ZnO
NSs is a promising route for rainwater purification by photocatalysis.

Keywords: photocatalysis; water purification; ZnO nanostructures; hydrothermal synthesis; seedless;
building materials

1. Introduction

Access to water poses a growing risk to the economy as well as to the communities
and ecosystems that depend on it. Fresh water is indeed a limited resource whose direct
consumption is restricted and could be affected by pollution and contamination. It is
therefore more important than ever to preserve easily accessible fresh water sources such
as rainwater. Nevertheless, the quality of rainwater is affected by polluted air [1], i.e., it
naturally contains some pollutants present in the atmosphere [2]. Hence, some pollutants
are drawn from the atmosphere to the ground during rainy days. At this stage, the
concentration of pollutants is extremely low, but it continues to increase as the water passes
through the urban environment to the wastewater treatment plants. As a result, rainwater
affects at the same time, the soil, the groundwater, the human health and the ecosystem. It
is therefore essential to reflect upon direct rainwater treatment in urban areas.

As a green and sustainable method of environmental pollution remediation, photocat-
alytic processes are being studied extensively as possible air and water treatments due to
their ability to remove refractory pollutants at different scales and places without requiring
complex and expensive infrastructures [3,4]. They are particularly attractive and suitable
for this type of treatment because they could use only solar energy (inexhaustible) and a
photocatalyst, which is mostly a wide bandgap metal oxide semiconductor. Moreover, they
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do not require the handling of expensive chemicals and can be operated autonomously to
mineralize micropollutants into CO2, H2O, and other light by-products [4].

Therefore, the development of photocatalytic urban infrastructures has emerged as
a promising solution to address environmental pollution directly near emission sources,
thereby avoiding pollutant accumulation and dispersion in urban areas [5–7]. To develop
these infrastructures, large bandgap semiconductors, such as nanostructured dioxide
titanium (TiO2) and zinc oxide (ZnO), were mainly used and already proved their excellent
photocatalytic performance at the laboratory scale [2,5–9]. For these materials to be highly
efficient, they must be elaborated as nanostructures (NSs) owing a high volume-to-surface
ratio, in order to develop a very large free active area [10]. The production pathway should
be short (few hours) and easily scale-up, using the less energy and chemical products to
be the as green as possible. Efforts are still being made to develop this kind of synthesis
method to produce large-scale surface. To the best of our knowledge, photocatalytic urban
infrastructures are currently produced by incorporating nanoparticles in civil engineering
materials [11,12], such as concrete or paint; by depositing a semiconductor layer on the
surface [12]; or recently by growing ZnO NSs on the urban infrastructures by two-step
hydrothermal synthesis [13,14]. This last process has the advantage to functionalize the
civil engineering material surface in less than 2 h and consumes few energy and chemical
products. Nevertheless, it requires a ZnO seed layer deposition and double annealing at
350 ◦C. In order to optimize the synthesis process and to make it greener, an improved ZnO
NSs synthesis method will be studied by choosing the appropriate substrate allowing a
surface functionalization with only one step instead of two steps.

Therefore, to manage rainwater directly at the first source of runoff with ecofriendly
photocatalytic urban infrastructures, this work proposes to develop a depolluting Zinc (Zn)
roof covered with ZnO NSs using a one-step seedless hydrothermal growth method in 2 h
to produce a large surface of 5 cm × 5 cm. Zinc is indeed a material commonly used in new
construction buildings, which allows the use of hydrothermal synthesis in the absence of
the seed layer deposition step, thus avoiding the overconsumption of energy and chemical
products. Moreover, ZnO is nontoxic, biocompatible, and inexpensive in terms of raw
materials, making it a remarkable large bandgap photocatalyst. First, the feasibility of a
cost-effective and environmentally compatible production of this photocatalytic surface
was studied, as well as the use of a post-annealing treatment. Samples were thoroughly
characterized by scanning electron microscopy (SEM FEG ZEISS Merlin, Oberkochen,
Germany) to investigate the morphology of the ZnO NSs, by X-ray diffraction (XRD,
Brucker Advance) using a cobalt anticathode for the study of the microstructures, by UV–
visible spectrophotometry for ZnO bandgap determination (UV-visible, Maya2000 Pro
from Ocean Optics, Duiven, Netherlands) and for absorbance measurements of the organic
dyes (Perkin Elmer Lambda 35, Waltham, MA, USA) to monitor their degradation, and by
photoluminescence (PL) to obtain more information concerning defects both in as-grown
and annealed ZnO samples. Then, the photocatalyst properties of both sample types were
evaluated with respect to the removal of Methylene Blue (MB) and Acid Red 14 (AR14) in
DI water and in rainwater under UV-light and natural solar light. Finally, the synthesis
was scaled-up to produce a 5 cm × 5 cm ZnO/Zn roof surface in order to simulate on a
small-scale the behavior of rainwater on this surface under artificial solar light illumination.

2. Results
2.1. Characterization of ZnO Nanostructures Grown on Zn Surface

To evaluate the production of ZnO NSs based photocatalytic surfaces by one-step
seedless hydrothermal synthesis, the functionalization process was firstly developed on a
small scale flattened Zn wires (2.5 cm × 0.5 cm), as shown in Figure 1a. Functionalized Zn
samples, both as grown (ZnO/Zn(AG)) and post-annealed (ZnO/Zn, 30 min at 350 ◦C),
exhibited ZnO bandgap values similar to those grown on silicon or on tiling substrates by
the classical two-step hydrothermal growth (Figure 1b) [13,14]. No apparent difference was
recorded between the UV-Vis spectra of the as-grown and annealed sample, with an average
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ZnO bandgap of 3.20± 0.02 eV. Only a slight variation in intensity was recorded depending
on the location of the measurement. Indeed, the surface of mechanically flattened Zn wire is
not smooth, thereby affecting the light path during the acquisition of the UV-vis spectrum.
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The non-perfect homogeneity and the roughness of the Zn substrate surface resulted
in some defects on the grown ZnO nanostructures. Nevertheless, the entire surface of the
Zn wire was covered by the ZnO NSs (Figure 1c). Indeed, SEM images of ZnO NSs grown
on Zn showed a high density of nanowires (NWs) and nanorods (NRs), as traditionally
obtained by the hydrothermal route [15,16]. It should be noted that here the substrate is
not the typical laboratory substrate, such as glass or silicon, with a well-defined planar
surface. Therefore, the NWs/NRs are not perfectly vertical to the substrate and some other
punctual NSs appeared.

Figure 1d shows the XRD diffractograms of the ZnO/Zn(AG) and ZnO/Zn sam-
pleswhere the two hexagonal crystal structures of Zn and ZnO can be clearly identified.
The four peaks at 42.5◦, 45.7◦, 50.5◦, and 64.2◦ correspond respectively to the (002), (100),
(101), and (102) plan of Zn (reported values from ICDD N◦ 01-085-5877). Thus, these four
peaks are related to the substrate used as clearly identified on the Figure 1d. The ZnO XRD

131



Catalysts 2022, 12, 1231

pattern correspond to the three main peaks of Würtzite ZnO, which are (100) at 37.2◦, (002)
at 40.3◦, and (101) at 42.5◦ (reported values from ICDD N◦ 98-002-9272) [17,18]. An im-
provement in crystallinity related to the annealing post-treatment (350 ◦C) can be observed
from the XRD patterns: the intensity of the ZnO peaks increased while the intensity of
the Zn peaks decreased. The XRD patterns and SEM images show a preferential growth
direction of the ZnO NSs along the c-axis ([0001] direction of the hexagonal structure).

The crystallinity improvement induced the post-treatment at 350 ◦C during 30 min
were also observed by PL measurements (Figure 1e). Indeed, an increase of the UV emission
band; related to near band-edge transition, namely the free exciton recombination through
an excition-excition collision process; and a slight decrease of visible emission band; related
to defect levels, such as Zni, VO, and Oi; were conjointly recorded on ZnO/Zn compared
to ZnO/Zn(AG) spectrum. This trend was attributed to the improvement in crystallinity.
Moreover, by examine the visible emission band, a red-shift in the peak position was
recorded after the annealing treatment (Figure 1f). This shift may due to the deep level
defects, such as VO and Oi, which were usually observed in the oxygen-rich sample giving
orange-red emission [19].

After obtaining on small Zn samples with ZnO NSs showing good morphological
and textural characteristics despite the absence of both pretreatment and seedlayer coating,
the suitability of large-scale synthesis was evaluated by functionalizing a flat Zn sheet
(5 cm × 5 cm, sampled from a commercial Zn roof—Leroy Merlin, Collégien, France)
(Figure 2a). At this scale, the presence of ZnO NSs on the substrate is accompanied by a
slight whitish coloration of the sheet. As expected, the as-grown functionalized Zn sheet,
ZnO/Zn(AG), exhibits similar ZnO bandgap values to those obtained at a smaller scale,
with an average at 3.21 ± 0.01 eV (Figure 2b).

SEM observations revealed a sligthly different ZnO nanostructure with longer and
thinner NWs (Figure 2c), which could be caused by the different nature of the substrate: the
Zn wires used in the small-sample experiments has only a native oxide film, while the Zn roof
material has been laminated and treated chemically by the manufacturer to form a protective
layer containing alkaline Zn carbonate (2 ZnCO3· 3 Zn(OH)2) on the Zn surface. Moreover,
the Zn sheet has the advantage to be more smooth than above used wires avoiding irregularity
during the growth. This result is consistent with the literature, where hydrothermal scaled-up
synthesis on silicon wafer has already been demonstrated [20,21]. Furthermore, a shorter
growth time, 2 h instead of 4 h, was also tested to determine its influence on the characteristics
of ZnO NWs. SEM images showed that smaller NWs are obtained but with a lager areal
density for 2 h: ~35 NWs/µm2 vs. ~15 NWs/µm2, for 4 h-sample.

Figure 2d shows the XRD diffractograms of the ZnO/Zn(AG) samples obtained after
4 h and 2 h synthesis, as well as that of the bare Zn roof substrate. On the ZnO/Zn(AG)
roof samples, the two hexagonal crystal structures of Zn and ZnO are clearly identified
with no significant difference between the 4 h and 2 h samples. As previously, on the wire
samples, the Zn XRD pattern is related to the Zn substrate used. Meanwhile, the ZnO XRD
patterns correspond to the typical XRD patterns of the ZnO Würtzite phase.

The similarity between ZnO/Zn(AG) 4 h and ZnO/Zn(AG) 2 h were also observed on
the PL spectrum with no shift of UV or visible emission bands (Figure 2e,f). Only a slight
difference of intensity, with more intense peaks for ZnO/Zn(AG) 4 h, were recorded. The
increase of intensity may be due to the growing amount of ZnO with the hydrothermal
duration. Moreover, in accordance with our results, previous PL analysis works showed
an increasing intensity in the visible emission band with the growth time, which was
mainly attributed to the change of the concentration of the structural defects in the ZnO
nanowires [22].

It should be emphasized that the absence of post-treatment (as-grown samples) is tested
with the aim of developing a future application. In this way, it is in principle possible to
save the energy consumed by a post-annealing (350 ◦C, 30 min), while a shorter growth time
would be advantageous to increase the production rate of photocatalytic roofs. Of course,
these savings will be meaningful only if good photocatalytic performances are verified.
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2.2. Photocatalytic Activity Evaluation
2.2.1. Methylene Blue Photodegradation under UV-Light

To test the photocatalytic activity of ZnO NSs on flattened Zn wires under reproducible
conditions, the photodegradation of MB in DI water was first studied under a powerful
UV-light source (Hamamatsu LC-8, ~365 nm, ~35 mW/cm2). Results demonstrated that
ZnO NSs lead to a total degradation in less than 120 min against 71% after 180 min
for photolysis performed without ZnO (Figure 3a). Comparing these results with those
obtained previously with larger substrates [13], ZnO NSs grown on flattened Zn wires seem
to provide a good surface area/efficiency ratio. This means that good photocatalytic activity
was recorded for ZnO/Zn(AG) and ZnO/Zn. No significant difference was observed
between the as-grown and post-annealed samples, with only a slight improvement in the
efficiency of ZnO/Zn compared to ZnO/Zn(AG). Taking this into account, the ZnO/Zn(AG)
photocatalyst (the most eco-compatible option) appears to be the best choice for treating
polluted rainwater via a functionalized Zn roof.
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2.2.2. Photodegradation of Methylene Blue under Natural Solar Light

In order to evaluate the photocatalytic activity of nanostructured ZnO under conditions
closed to the reality, tests were performed in April/May in Paris, France under natural solar
light, whose UV part of the spectrum corresponds to ~2.3 mW/cm2. The results (Figure 3b)
showed that the use of ZnO NSs grown on flattened Zn wires improves the photodegradation
of MB very slightly compared to natural photolysis. The same observation was made in a
previous work and explained in that MB is very easy to degrade under solar light [14].

Chemical stability and possible competition in terms of photodegradation with other
media-specific species were evaluated with the same experiments done in rainwater instead
of DI water. Rainwater is known to have a slightly acidic pH and to contain a number of
micro-pollutants whose presence could affect the MB removal process due to side reactions,
competition at the surface of the photocatalyst, and partial poisoning of the active sites by
chemicals present in rainwater. A comparison between Figure 3b,c, however, shows that
none of these effects are observed, as the degradation rates are similar in both media. In
fact, the easy photolysis degradation of MB can mask the photocatalytic contribution.

2.2.3. Photodegradation of Acid Red 14 in Rainwater under Natural Solar Light

To extend the evaluation of the photocatalytic performance of nanostructured ZnO,
another organic dye, AR14, which is more resistant than MB to natural solar light was
chosen for a photodegradation test [14]. This test was carried out in rainwater under cloudy
weather, as previously, the efficiency of ZnO/Zn(AG) and ZnO/Zn was evaluated and
compared to the photolysis in the same conditions. No photolysis was recorded under
natural solar light, thereby allowing a better estimation of the photocatalytic activity of ZnO
NSs (Figure 3d). Indeed, the photodegradation observed is only due to the photocatalytic
activity of the roof functionalization. In contrast to the results under UV light, ZnO/Zn
appears to be slightly more efficient than ZnO/Zn(AG) under natural solar light (Figure 3d).

2.2.4. Photodegration of Polluted Runoff Waters on ZnO/Zn Sheets under Solar Light

This section is a preliminary study to evaluate the relevance of ZnO/Zn(AG) develop-
ment at large scale for the depollution of runoff waters using functionalized Zn roofs. An
AR14 at a concentration of 10 µM in a rainwater solution was flowed over a ZnO/Zn(AG)
sheet (5 cm × 5 cm, sampled from commercial Zn roof) under a solar lamp (Zolix, Sirius-
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300P, Beijing, China, 300 W, 320–2500 nm) with a flow rate of 0.17–1.03 mL/min (Figure 4a).
Only a single pass was carried out without recirculation of the treated water in order to
simulate roof runoff conditions during rainy weather. Same experiments were carried out
with a Zn sheet without functionalization treatment. Results with and without ZnO NSs
were then compared to calculated an average gain corresponding to the deviation between
the photolysis rate and the photocatalysis rate.
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Figure 4. (a) Schematic of the experimental set-up of runoff water photodegradation with ZnO NSs
on Zn roof sheets. Photodegradation rate of AR14 under artificial solar light with or without the
presence of ZnO NSs: (b) at different flow rate: 0.171, 0.513, and 1.03 mL/min for 4 h-sample; (c) for
2 h-sample with a flow rate of 0.513 mL/min. (d) Comparison of the photocatalytic efficiencies for
the different cases under studied.

The ZnO NSs average gain varied between 7% and 12% for a flow rate of 0.171 mL/min
and between 6% and 9% for a flow rate of 0.513 mL/min, whereas the high flow rate of
1.03 mL/min resulted in a very low average gain of 2% to 6%. Coupled to this decrease of
the average gain, the photodegradation rate decreases as the flow rate increases, which can
be explained by the shorter residence time of the dye solution under the solar lamp.

For all flow rates, the ZnO/Zn(AG) stability was studied. The results shown in
Figure 4b correspond to successive cycles of photocatalysis with a DI water rinse step fol-
lowed by drying with a hot airflow stream and 15 min under solar lamp irradiation. These
results show that there is no loss of efficiency during cycles 1 to 4. No loss of photocatalytic
activity was also recorded between cycles 4 to 6, corresponding to consecutive cycles of
photodegradation with only a short DI water rinse step followed by a drying with hot
airflow. This observation was made in the case of all flow rates tested and supports the
stability of the samples.

A comparative study between samples synthesized in 4 h and in 2 h was carried out.
It aims at reducing the manufacturing cost for future photocatalytic roof applications. An
intermediate flow rate of 0.513 mL/min was chosen for this test. At this flow rate, the
degradation rates reported in Figure 4b (4 h-sample) and Figure 4c (2 h-sample) are very
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close. The Figure 4d gives a comparative illustration of the four presented cases, which
allows to conclude that the hydrothermal synthesis time of ZnO NSs can be reduced from
4 h to 2 h without loss in efficiency.

3. Discussion
3.1. ZnO Nanostructures Growth on Zinc Substrate

The characterization work (Figures 1 and 2) demonstrated that ZnO NSs could be
grown on a Zn substrate by a one-step seedless hydrothermal growth method, although
the route generally used to produce ZnO NSs on a substrate is a seeded growth on ZnO
nanoparticles or film-coated substrate [23,24]. However, for some substrates, self-seeded
technology or local surface properties allow the direct growth of ZnO NSs, as is the case for
Zn substrates.

A first hypothesis that could explain this observation is the formation of a local seed
layer on the substrate surface at the initial stage preceding the crystal growth. The Zn
substrate can react with hydroxide ions produced in the synthesis solution to form soluble
zincate ions ZnO2

2−, which in turn can react with water to deposit a ZnO (solid phase)
seed layer according to the following reactions [23–25]:

Zn + 2 OH− → ZnO2−
2 + H2 (1)

ZnO2−
2 + H2O → ZnO + 2 OH− (2)

This preformed ZnO layer on the Zn substrate has proven to be a crucial step for
the successful nucleation and subsequent growth of ZnO NSs [24,25]. Therefore, after the
local oxidation of Zn, ZnO NSs can grow directly on the substrate without phase matching
problems, according to the classic hydrothermal mechanisms:

(CH2)6N4 + 6 H2O → 6 HCHO + 4 NH3 (3)

NH3 + H2O → OH− + NH+
4 (4)

Zn2+ + 4 OH− → Zn(OH)2−
4 → ZnO + 2 OH− + H2O (5)

Zn(NH3)
2+
4 + 2 OH− → ZnO + 4 NH3 + H2O (6)

Zn2+ + 2 OH− → Zn(OH)2
∆→ ZnO + H2O (7)

The second hypothesis, which can explain the growth of ZnO NSs without a seed
layer, is also directly related to the species generated by the hydrothermal synthesis from
reactions (3) and (4). Zn can react with NH4

+ to form Zn2+ and other species (Equation (8)) [26].
Then Zn2+ can react with OH− following Equation (7) to form ZnO. Therefore, at the initial
growth stage, the Zn substrate acts as both a source of Zn2+ and of nucleation sites. Finally,
after this initial stage, the hydrothermal growth process will follow the classic mechanisms for
4 h (reactions (3) to (7)). This process happens preferentially along the c-axis [0001] due to the
minimum value of the (002) surface free energy (9.9 eV·nm−2) compared to ones of different
plans, such as (110) and (100) (12.3 and 20.9 eV·nm−2, respectively), justifying the ZnO synthesis
as NWs and NRs instead nanosheets or other morphologies.

Zn + 2 NH+
4 → Zn2+ + 2 NH3 + H2 (8)

According to these two hypotheses, which may be valid conjointly, the participation of
Zn on the substrate surface as a driving force occurs only during the initial phase. Indeed,
after the formation of the first ZnO layers, Zn is protected and can no longer react directly
with the solution [26], thus explaining the ZnO NSs well-synthesized as nanowires and
nanorods after 4 h.

The results in Figure 2, demonstrating efficient up-scaling, imply that this method is
applicable to the mass production of ZnO NSs-based roofs. This is in good agreement with
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the literature, where hydrothermal synthesis has been shown to be effective in functionaliz-
ing large silicon wafers [20,21] and in producing a few square meters of ZnO NSs-based
pavers for tiles and bitumen roads [27]. The one-step functionalization of Zn sheets is also
consistent with previous work where Zn substrates were functionalized in a chemical bath
solution at low temperature [25,28].

3.2. ZnO/Zn Photocatalytic Activity

The total photodegradation of MB within 3 h of light exposure demonstrates an
excellent photocatalytic activity under UV light (Figure 3a) of both types of sample (as
grown and annealed). By comparison, with the results obtained on large substrates tested
under the same experimental conditions [13], it appears that a 1.25 cm2 sample of ZnO NSs
grown on Zn by the present method (one-step) develops the same photocatalytic activity
as a 1.55 cm2 sample of ZnO NSs grown onto silicon by the classical method (two-step).
No significant difference was observed between as grown and annealed samples, due to
the fact that the morphologies of ZnO NSs are similar (Figure 1c). Only a slight variation in
kinetics could be recorded between the two types of samples due to the better crystallinity
after post-annealing at 350 ◦C during 30 min (diffractograms in Figure 1d).

Under natural solar light, there is no real difference between photolysis and photocataly-
sis for MB removal due to its fairly easy degradation under illumination. The study of AR14
degradation reveals that the annealed sample performed slightly better than the as grown
sample. The degradation rates under solar illumination are overall much lower than those
under UV lamp illumination because natural solar light contains much less UV (~5%).

The ease of scale-up of this synthesis is already proved (Figure 2) and the suitability of
ZnO/Zn(AG) to clean-up runoff water is promising given the stability of the photocatalytic
activity over several water cycles (Figure 4). It is mentioned in the literature that after long
rainfall (which corresponds to the case of successive cycles in our study), the photocatalytic
surface tends to be saturated and a limit in the purification capacity can be reached [7].
Under these conditions, incomplete photodegradation leads to the adsorption of by-product
on the ZnO surface, which results in an inhibition of the photocatalyst surface by blocking
all active sites. Nevertheless, this was not the case in this work, even in the absence of
sample regeneration. Comparing the degradation rates by photocatalysis and photolysis, it
is possible to observe a small gain related to the presence of ZnO NSs under this condition,
which could be largely improved by increasing the residence time under irradiation, but it
will be against the real working conditions of the Zn roof application.

The photocatalytic degradation rate depends largely on the experimental conditions
and the type of photocatalyst. Nevertheless, it is therefore important to put our results into
perspective. An efficiency close to 70% for the degradation of MB (10 mM) was obtained with
ZnO nanorods substrate (3 cm× 1 cm) in a PMMA cuvette under visible light irradiation (AM
1.5G, 1 kW·m2) from a solar simulator (SS1.6 kW from science tech, Canada) after 90 min [29].
Quartz cuvettes with 10 mL of MB (10 mM) and various ZnO NSs under four visible light
lamps (20 W each) lead to a maximal degradation rate of 36.3% [30]. In borosilicate beakers,
under solar light, MB at 100 µM and pH 3 was photodegraded in the presence of TiO2 (0.5 g/L)
and H2O2 (10 mM) at 92% after 3 h [31]. 48 mg of ZnCo2O4/Co3O4 was poured in AR14
solution (1.2 mg) leading to a photodegradation rate from 29% to 95% under solar illumination
(125 W) depending on the photocatalyst synthesis method used [32]. TiO2 nanopowders
demonstrated a photodegradation rate range from 90% to 100% in 60 min under simulated
solar light (7.7 µW/cm2) for AR14 at 20 ppm [33].

4. Materials and Methods
4.1. ZnO Nanostructures Based Zinc Roof Synthesis and Characterization

Flattened Zn wire (2.5 cm × 0.5 cm) and Zn roof sheet (5 cm × 5 cm) were used
as substrate for ZnO NSs growth by one-stage seedless hydrothermal synthesis. The
samples were functionalized by the two different routes described below, before being
carefully characterized by UV–visible spectroscopy (Maya2000 Pro from Ocean Optics,
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IDIL, Orsay, France) and by field-emission scanning electron microscopy (SEM FEG ZEISS
Merlin, Oberkochen, Germany) to determine their bandgap value and to investigate the
morphology of the obtained ZnO nanostructures. Samples were also characterized by
X-ray diffraction (Bruker Advance, Champs-sur-Marne, France) using a cobalt anticathode
(λ = 1.78897 Å, 35 kV, 40 mA) and by photoluminescence (He-Cd Laser, IK Series, KIMMON,
Laser Components, Meudon, France, λ = 325 nm, P = 10 mW).

4.1.1. ZnO/Zn Wires Production

Without any special washing process, the Zn wire substrates were directly functionalized
by a one-step seedless hydrothermal route in a small sealed autoclave containing 50 mL
of equimolar solution of hexamethylenetetramine (HMTA, ≥99%, VWR, CAS-No 100-97-0)
and zinc nitrate hexahydrate (Zn(NO3)2·6H2O, 98%, Sigma-Aldrich, CAS-No 10196-18-6) at
25 mM and 90 ◦C for 4 h (Figure 1a). The flattened Zn wire substrate was kept vertically in
the growth precursor solution during the growth duration. The Zn flat wire deposited was
removed from the hydrothermal growth solution and thoroughly washed with distilled water
before to be dried by a hot air flow (~30 s at ~53 ◦C). As-grown ZnO NSs were produced and
compared to ZnO NSs post-annealed samples for 30 min at 350 ◦C. Samples were named
ZnO/Zn(AG) and ZnO/Zn for as grown and post-annealed samples, respectively.

4.1.2. ZnO/Zn Sheets Production

The Zn roof sheet (5 cm × 5 cm) substrates were directly, without any washing
process, functionalized by a one-step seedless hydrothermal route in sealed autoclave
containing 300 mL of equimolar solution of HMTA and Zn(NO3)2 at 25 mM and 90 ◦C for
4 h (Figure 2a). The Zn roof sheet substrate was kept horizontally in the growth precursor
solution during the growth duration. After 4 h, the Zn flat sheet functionalized was
removed from the hydrothermal growth solution and thoroughly washed with DI water
before to be dried by a hot air flow (~30 s at ~53 ◦C). Samples were named ZnO/Zn(AG).

4.2. ZnO/Zn Photocatalytic Activity Evaluation
4.2.1. Photodegradation under UV-Light

Photodegradation of MB was carried out under UV light irradiation (Hamamatsu
LC-8, ~365 nm, Ireceived by the sample ~35 mW/cm2) with the aim to evaluate the best
photocatalytic wire samples. Samples were immerged in 30 mL of an MB in DI water
solution with an initial concentration of 10 µM placed under the UV source. After the light
and the agitation were turned on, the photocatalysis process was monitored by UV–visible
spectrophotometry (Perkin Elmer, Lambda 35) every 15 min for 3 h and the degradation
efficiency X(%) was estimated using Equation (9):

X(%) =

(
A0 − A

A0

)
× 100 (9)

where A0 and A, respectively, stand for the initial and actual absorption peak values at the
wavelength of the maximum absorption of MB (λmax = 664 nm).

4.2.2. Photodegradation under Natural Solar Light

To prove the relevance of samples to answer to rainwater pollution under natural solar
light, MB photocatalysis under natural solar light was carried out with ZnO NSs grown onto
zinc wire samples. Experiments were realized at ambient temperature between April and
May in Paris (France). Samples were immerged in 30 mL of an MB in DI water solution with
an initial concentration of 10 µM. Every time, a beaker was filled with the dye solution and
left without sample, to serve as a reference. The beakers were placed under natural solar
light with an UV light intensity measured between 2.3 and 2.9 mW/cm2, according to the
weather. The photocatalytic process was monitored by UV–visible spectrophotometry every
30 min for 4 h. To confirm the sample efficiency in conditions closed to the real weather,
the same experiments were carried out with a MB and AR14 solution in collected rainwater
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(pH ~5.2) instead in DI water. The photodegradation efficiency X(%) was calculated using
Equation (9) with λmax equal to 664 nm for MB and 515 nm for AR14.

4.2.3. Polluted Runoff Water Photodegradation onto ZnO/Zn Sheets under Solar Light

To study the ZnO/Zn(AG) roof sheet photocatalytic efficiency in reproducible condi-
tions, photodegradation of AR14 was carried out at the laboratory under an artificial solar
lamp (Sirius-300 PU, Zolix, Beijing, China, 300 W, 320–2500 nm). The sample was placed
under the solar light and a flow of polluted rainwater with AR14 at 10 µM has been imposed
to simulate the runoff water comportment. The photocatalytic process was followed after
one-pass of 10 mL of polluted rainwater with an imposed flow rate of 0.17–1.03 mL/min.
Then, Equation (9) was used to calculate X(%). Between each experiment, called cycle, the
sample was rinsed with DI water and replaced under the solar lamp for 15 min. After
four cycles, the sample was used for two cycles more of water depollution without solar
light irradiation of 15 min and with only DI water rinsing. The results showed a promising
potential application of the functionalized Zn roof for water purification. By analogy with
our previous work on ZnO NSs based photocatalytic construction materials [14,27], this
kind of photocatalytic roof will be also performant for air purification.

5. Conclusions

Some building structures, especially roofs, have the potential to be used as very large
photocatalytic reactors, exploiting sunlight to reduce urban pollution. In this context,
Zn photocatalytic roof surfaces have been developed by a rapid one-step hydrothermal
synthesis. This growth route is particularly attractive and efficient for growing ZnO NSs on
a Zn surface, due to its cost effectiveness, ability to treat large areas, and ease of controlling
chemical conditions. The resulting nanostructures are homogeneously distributed over
the surface and exhibit good crystallinity. The post-annealing improved the ZnO NS
crystallinity. The ZnO NSs have excellent photocatalytic properties under UV illumination
for the degradation of MB. The photocatalytic activity of the functionalized ZnO/Zn has
been demonstrated under solar light for the degradation of AR14 which is known to be less
sensitive to photocatalysis under solar light. Finally, a runoff water purification experiment
showed a real potential for application that can offer other environmental benefits, such as
the removal of atmospheric pollutants, e.g., nitrogen oxides or organic volatile compounds.

Nevertheless, it is important to keep in mind that this study is still a primarily in-
vestigation. Therefore, more research work should be performed prior to using these
functionalized roofs. The ZnO NSs should be tested for resistance in the acidic pH of water,
dust deposition, and other climate factors. The Brunauer–Emmet–Teller (BET) method
could be used to determine the specific surface area of the ZnO NSs. The photocatalytic
activity of the aged samples should be evaluated in more depth and with real pollutants
from rainwater.
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Abstract: MTBE is an aliphatic matter successfully removed from contaminated water by an advanced
oxidation process. Additionally, arsenic is a toxic metalloid that is detected in some water supplies,
such as in Iran. Concerning the oxidation potential of arsenic in an aqueous solution, it is expected
that its interference in the photocatalytic removal of organic matter includes MTBE. Nevertheless,
there is a lack of observation of this effect. In this study, the effect of arsenic on the photocatalytic
removal of MTBE using an Fe2O3/MgO catalyst under UV radiation was investigated. Using
an experimental design, modeling, and optimizing operational parameters, such as the arsenic
and MTBE concentrations, catalyst dosage, pH, and reaction time, were studied. The synthesized
nanocatalyst had a uniform and spherical morphological structure and contained 33.06% Fe2O3 and
45.06% MgO. The results indicate that the best model is related to the quadratic (p-value < 0.0001,
R2 = 0.97) and that the effect of the MTBE concentration is greater than the others. The highest
removal efficiency was taken in an initial concentration of 37.5 mg/L MTBE, 1.58 mg/L Fe2O3/MgO,
pH 5, and a reaction time of 21.41 min without any As. The removal efficiency was negatively
correlated with the initial MTBE concentration and pH, but it was positively associated with the
Fe2O3/MgO dosage and reaction time. Finally, the presence of arsenic decreased the removal
efficiency remarkably (90.90% As = 0.25 µg/L and 61% As = 500 µg/L). Consequently, MTBE was
removed by the photocatalytic process caused by Fe2O3/MgO, but the presence of arsenic was
introduced as a limiting factor. Therefore, pretreatment for the removal of arsenic and more details of
this interference effect are suggested.

Keywords: MTBE; arsenic; Fe2O3/MgO catalyst; AOP; modeling; optimization

1. Introduction

Water pollution due to petroleum compounds such as MTBE is one of the main prob-
lems in water resources [1,2]. MTBE is classified as an oxygenated compound added to
gasoline to restore combustion [3]. MTBE has expanded as an octane booster and anti-
knocking agent in the past two decades due to its low cost and easy usage, transition, and
distribution. MTBE, (CH3)3COCH3, is a volatile, colorless, and flammable liquid, and it
is soluble in water (48 g/L at 25 ◦C). However, it causes environmental and health effects
(IARC), such as nervous system reactions, dizziness, distraction, nausea, and forgetful-
ness [4,5]. Moreover, it has a low-threshold taste and odor (40 and 15 µg/L, respectively) [6].
The maximum contaminant level of MTBE in drinking water has been determined to be
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20–40 µg/L by the USEPA. MTBE enters groundwater in various ways, such as leakage
from road accidents, underground storage tanks (USTs), and pipelines [7,8].

The effective removal of MTBE from water is essential. Many attempts have been made
over the past decades to eliminate MTBE from groundwater. However, MTBE removal
using conventional water treatment processes is difficult due to its high solubility, low
tendency to the soil, resistance to degradation, the presence of ether bands, and its resistant
carbon chain [9–13]. The most commonly used processes for MTBE removal are adsorption
using activated carbon, air stripping, and advanced oxidation processes (AOPs). According
to previous studies, AOPs, especially photocatalytic oxidation, are the most effective for
MTBE decomposition [14–18]. AOPs can remove MTBE effectively, but their efficiency
depends on the water-quality characteristics and the level of other contaminants, such as
metals [19–21], because the oxidation of metals during AOPs might decrease the efficiency
of MTBE removal.

Arsenic is a highly toxic metalloid, and its presence in water is a global problem.
Elevated concentrations of arsenic have been detected in some parts of the world, including
Bangladesh; India; some South American countries, such as Argentina; and some areas
of Kurdistan and Hashtrood in Iran [22]. Arsenic leaches into water from natural and an-
thropogenic sources, including biological activities, volcanic releases, and human activities,
such as the use of pesticides and minerals. Therefore, investigating the removal efficiency
of organic matter in arsenic-contaminated water is essential. As(III), oxidized to As(V)
during photocatalytic oxidation [23], can be considered a competitor for the removal of
organic matter (such as MTBE). One suggested solution is a combination process with
a high oxidation capacity, such as the photocatalytic process. The initial energy obtained
from the photo resource and the activation energy is decreased using catalysts in the photo-
catalytic process.

In this study, Fe2O3/MgO was used as a catalyst because it is a porous structure
with a high capacity for adsorbing organic matter [24,25] and generating free radicals [26].
Moreover, its band gap is 5.4–5.45 ev, so the electron in the band layer excites the cur-
rent layer [24]. Therefore, its photocatalytic effect is performed when it is exposed to UV
radiation. In other words, MgO doped with a metal oxide improves photocatalytic activ-
ity [27,28]. So, the removal efficiency of organic dye using Fe2O3-doped MgO is estimated
to be above 92% after five regenerations [29] therefore, the combination of MgO and Fe2O3
can improve the removal efficiency of organic matter, such as MTBE, which is used for the
first time in this study. In an earlier study, the photocatalytic process was used for MTBE
removal [30], but there was less attention paid to the effect of metal, especially arsenic,
on the MTBE’s removal efficiency. For example, Zhang et al. (2018) reported that nickel
decreased the adsorption capacity of MTBE using ZSM-5 zeolite [6]. However, for the
first time, this study focuses on the decreasing trend in the photocatalytic oxidation of
MTBE using Fe2O3/MgO due to arsenic.

Arsenic, as a semimetal, can participate in electron-hole processes in aqueous solutions
so that it turns into arsenic with an oxidation number of five during the redox reaction. Since
the photocatalytic process is a suitable method for mineralizing organic compounds such
as MTBE, the released radicals ultimately cause water treatment. Therefore, the paths for
both arsenic deposition and photocatalytic reactions are the same, which greatly increases
the possibility of interference. Numerous studies have examined the effect of some metals
on interference in the photocatalytic process, including the formation, recombination,
and formation rate of radicals. However, these effects have been less investigated when
considering semimetals, especially arsenic. Due to the existence of a variety of arsenic
concentrations in the water resources of Iran and other regions of the world; the high
potential of semiconductors for active participation in electron transfer processes; and the
strong tendency for arsenic to change its oxidation number and phase from soluble to
insoluble forms in aqueous solutions exposed to the photocatalytic process, the present
study aims to model and determine the interference effect on a laboratory scale for the
first time in order to consider the type and amount of interference effect in the treatment
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of water resources using the photocatalytic process on a real scale and optimize the para-
meters accordingly.

Arsenic is a toxic metalloid detected in some water supplies, such as in Iran. Con-
cerning the oxidation potential of arsenic in an aqueous solution, it is expected that its
interference in the photocatalytic removal of organic matter includes MTBE. Regarding the
significant concern about MTBE, the high concentrations of arsenic that have been reported
in some areas of Iran, and its interference effect on the mineralization and degradation
of MTBE, as well as the lack of documents, imply the effect of metals on the removal
efficiency of organic matter. Therefore, this study aims to investigate the effect of arsenic on
the photocatalytic oxidation process of MTBE using Fe2O3/MgO as a catalyst. Moreover,
the interactions between the effective factors and the optimization of the process were
determined by the response surface methodology (RSM) method.

2. Results
2.1. Specification of the Catalyst
2.1.1. SEM–EDX Analysis

SEM determined the microstructure and morphology of the catalyst, and its images
are shown in Figure 1.

The synthesized catalyst has a uniform and aggregated structure, making separation
from the liquid effluent easier after the photocatalytic process [31]. In addition, it has
good dispersion, and the sample has a diameter of approximately 2 µm. In Figure 1b, the
elements’ quantitative levels in the nanocatalyst were determined using EDX, confirming
the presence of the elements MgO (45.06%) and Fe2O3 (33.06%) in the synthesized catalyst.
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2.1.2. XRD Analysis

The XRD analysis (10–80◦ 2θ) of the nanocatalyst is shown in Figure A1. The average
crystal size of the sample was calculated using the Scherrer equation: (d = Kλ/(β cos θ))
The strong and sharp peaks in Figure A1 suggest that the nanocatalyst has a crystalline
structure. The values for Fe2O3 and MgO were 91.1 and 27.9 nm, respectively. As shown
in the figure, the diffraction peaks of both Fe2O3 and MgO could be observed. The blue
peaks are associated with Fe2O3, and the red peaks are related to MgO. This nanocatalyst
had two peaks at 33.06◦ and 36.5◦ that can be associated with Fe2O3 and MgO, respectively.
According to Figure A1, the peaks related to Fe2O3 are wholly covered over by MgO’s
peaks, indicating the high precision of the sol–gel process.

2.2. Photocatalytic Removal of MTBE

The interactions between independent and dependent variables while removing MTBE
were investigated in DE7.

The effect of the Fe2O3/MgO nanocatalyst dosage, pH, and initial MTBE concentra-
tions on the photocatalytic removal efficiency and optimization of these variables was
investigated by Factorial Experimental Design. The MTBE’s lowest, highest, and average
removal efficiencies were 61%, 90.90% and 73%, respectively. The ANOVA results for the
proposed model for the photocatalytic removal of MTBE based on the experiment’s results
and the effect of the parameters are presented in Table 1. The F-value and p-value for MTBE
were 835.92 and >0.0001, respectively. Thus, the p-value of the investigated parameters
(p ≤ 0.05) shows that the concentration of MTBE and the concentration of catalyst are
effective parameters for the photocatalytic oxidation of MTBE (Table 1).

In the model, the F-value also shows that the defined parameters in the models have
significant effects, and the effect of the initial MTBE concentration was more pronounced
than other parameters. However, only a 0.01% chance of the occurrence of the F-value was
due to noise. The effects of the significant parameters based on the suggested model are
presented in Equation (1) and Figure A2, which are used for predicting the photocatalytic
oxidation values of MTBE.
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MTBE = 18.70 + 11.32a − 0.89C + 1.03BC − 1.43DE − 1.38B2 (1)

The MTBE residual was increased based on the model equation, increasing the
MTBE (A) concentration and decreasing the catalyst (C). Furthermore, the factors for inter-
actions, such as concentration of arsenic × concentration of catalyst, which had a positive
effect and the effect of pH × time, which had a negative effect on the response, and the
response affected the quadratic of the arsenic concentration. Based on any of the coefficients,
the effect of the catalyst was higher than other parameters.

Table 1. ANOVA results for the Response Surface Quadratic Model (MTBE).

Source Sum of Squares df Mean Squares F-Value p-Value

Model 5624.73
A—MTBE 5122.75 20 281.24 45.84
B—Arsenic 15.89 1 5122.75 834.92 <0.0001
C—Catalyst 31.60 1 15.89 2.59 <0.0001

D—pH 5.23 1 31.60 5.15 0.1184
E—Time 9.19 1 5.23 0.85 0.0309

AB 6.53 1 9.19 1.50 0.3633
AC 9.26 1 6.53 1.06 0.2309
AD 0.043 1 9.26 1.51 0.3109
AE 8.09 1 0.043 6.972 0.2292
BC 33.97 1 8.09 1.32 0.9340
BD 4.34 1 33.97 5.54 0.2602
BE 0.10 1 4.34 0.71 0.0256
CD 23.27 1 0.10 0.016 0.4070
CE 8.85 1 23.27 3.79 0.8992
DE 65.24 1 8.85 1.44 0.0612
A2 14.39 1 65.24 10.63 0.2394
B2 60.78 1 14.39 2.35 0.0028
C2 183.26 1 60.78 9.91 0.1365
D2 21.88 1 183.26 29.87 0.0038
E2 0.078 1 21.88 3.57 <0.0001

Residual 177.93 1 0.078 0.013 0.0690
Lack of Fit 159.44 29 6.14 0.9111
Pure Error 18.49 22 7.25 2.74
Cor Total 5802.67 7 2.64 0.0868

49

Moreover, the perturbation plot of independent variables on the photocatalytic oxida-
tion of MTBE is shown in Figure A2.

According to Figure A2, the most influential factor was MTBE concentration. Moreover,
the effect of arsenic concentration on the MTBE photocatalytic process was insignificant.

The proportion of predicted values of the photocatalytic oxidation efficiency of As(III)
in the model and the actual values obtained from the experiments are shown in Figure 2.

The determination coefficient for the actual and predicted values of residual MTBE
was acceptable (R2 = 0.9693). The difference between the adjusted determination coefficient
(Adj R2) and the predicted determination coefficient (Pred R2) should not be more than
0.2 [32]. Based on the results, this difference was 0.0498, indicating the model’s adequacy.
Furthermore, R2 0.97 for MTBE shows that the model can explain about 97 data variations.
The calculated lack of fit in these models is 2.74, which is not significant; therefore, the
disordered data do not affect the model.

The Simultaneous Effect of the Concentration of Fe2O3/MgO and Initial MTBE

The efficiency of MTBE removal at various initial concentrations of MTBE and the
Fe2O3/MgO catalyst is shown in Figure 3.
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According to Figure 3, 1–2.5 g/L of catalyst can slightly increase MTBE’s removal
efficiency, while a catalyst concentration of more than 4 g/L had a negative effect. This is
because the number of photons and adsorbed molecules in a high catalyst level also in-
creases. This reaction increased the particle density in the brightness range and the amount
of free radicals that improved the degradation of MTBE. However, a further increase in the
catalyst dosage caused the reduction in active sites on the surface of Fe2O3/MgO. Therefore,
the removal efficiency of MTBE was decreased [33,34]. Concerning this result, the best
concentration of nanoparticles was 1.54 g/L, but the higher concentrations increased costs.

3. Materials and Methods
3.1. Materials

All the analytical-grade chemical materials, including MTBE, sodium arsenite (NaAsO2),
magnesium oxide (MgO), hematite (Fe2O3), sodium hydroxide (NaOH), hydrochloric acid
(HCL), citric acid (C6H8O7), acetone (C3H6O), hexane (C6H14), and ethanol (C2H6O), were
purchased from Sigma Aldrich Company (St. Louis, MI, USA). NaOH and HCl were used
for adjusting the pH. The double-distilled water (18 MΩ cm) was applied to prepare the
solutions. A UV lamp (11W) was used for the light supply. A powder X-ray diffractometer
(XRD) (Philips PW 1800, Round Rock, TX, USA) was used to determine the gel structure.
Scanning electron microscopy (SEM) (Carl-Zeiss-Promenade, Jena, Germany) measurement
(HV: 20.0 kV) was used to envisage the nanoparticles’ surface morphology.

3.2. Preparation of the Catalyst

In a typical process, highly active MgO nanoparticles were prepared via a simple
sol–gel method. First, the MgO nanoparticles were dissolved in ethanol at 60 ◦C for 5 h,
and citric acid was added slowly to form the gelling solution by stirring. When the solution
was completely dispersed, the compound was concentrated at 65 ◦C to form a wet gel.
The wet gel was then dried at 110 ◦C for 12 h. Finally, the above-obtained product was
calcinated at 550 ◦C with a heating rate of 4 ◦C min−1 for 4 h. The Fe2O3 solution was
synthesized by the sol–gel method. This solution was joined to make the final coating with
the MgO gel to obtain the final product of Fe2O3/MgO [30].

3.3. Stability and Reusability of the Catalyst

To examine the stability of the catalyst, 1 g/L of the catalyst was placed in the simu-
lated conditions of the experiments, and then, the concentrations of iron and magnesium
remaining in the solution were measured after 0–50 min as described in Table 2.

Table 2. Concentration of iron and magnesium remaining in the solution after 0–50 min.

Time (min) 0 10 20 30 40 50
Mg (mg/L) 0 2.02 3 3.9 4.3 6.1
Fe (mg/L) 0 5.7 12.6 17.2 21.4 26.3

The leakage rate of both magnesium and iron in the aqueous solution was less than
5% during the laboratory conditions, which was statistically confirmed.

After performing the photocatalytic process, the studied reactor was placed in the
magnetic field to investigate the secondary application of the catalyst in laboratory con-
ditions during the study period, the efficiency of which was favorable. After drying the
catalyst at 70 ◦C, the collected catalyst was weighed on a scale, and the weight difference
was estimated to be less than 15%. Moreover, the catalyst was photographed after the
photocatalytic process, which did not differ significantly from the initial images. Thus, it
can be said that the MTBE mineralization and removal operations were carried out under
suitable conditions.
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3.4. Sample Preparation

This study used a high-purity MTBE solution (99.9%). An arsenite stock solution
(1000 mg/L) was prepared by dissolving potassium arsenite (KAsO2) in distilled water
(acid-distilled twice) with HCl (with a final concentration of 2.5%). The samples were
stored in a refrigerator at 4 ◦C after preparation. NaOH and HCL were used to adjust the
reaction mixture’s pH.

3.5. Chemical Reactor and Optimization

The photocatalytic removal of MTBE was carried out in a laboratory-scale batch slurry
reactor. The reactor comprised transparent Plexiglas with dimensions (length, width, and
height) of 20 × 10 × 14 cm and 1 L effective volume. A UV lamp (11 W) was submerged in
the solution to provide UV radiation for the reactor. First, the reactor was tightly closed
and stirred completely. Then, the reactor was fixed and made in the two-seated form. The
temperature of the reactor was controlled at 25–30 ◦C. Then, the solution was centrifuged
(at 4000 rpm for 30 min) to separate the nanocatalyst.

The design of the experiments was performed based on a partial factorial method.
Table 3 lists the values and variables used in the design of the experiments.

Table 3. Natural and coded levels of independent variables based on the central composite design.

Independent Variable Symbol Coded Level

−2 −1 0 1 2
Natural Level

MTBE (mg/L) A 0 37.5 75 112.5 150
Arsenic (mg/L) B 0 0.25 0.5 0.75 1
Catalyst (g/L) C 0 1 2 3 4

pH D 3 5 7 9 11
Time (min) E 10 20 30 40 50

The values of the natural and coded independent variables were designed based
on the central composite design (CCD). The order of each experiment was selected ran-
domly by Design Expert 7 (DE7) software based on past studies and observed values in
Iran’s groundwaters. To more closely look at the effect of each variable on the process,
one of the values of MTBE, the catalyst or arsenic, is considered zero in the DE7. Finally,
50 experiments were designed as Factorial Designs.

3.6. MTBE Extraction Method

MTBE was extracted using the dispersive liquid–liquid microextraction (DLLME)
method. DLLME is a simple, fast, and sensitive method for extracting organic compounds
from aqueous solutions [35]. First, 10 mL of the sample was added to a glass tube with
a conical bottom centrifuge tube. The acetonitrile (1 mL) and hexane (0.2 mL) were used
as dispersing and extraction solutions, respectively. Next, the mixture solution was cen-
trifuged at 5000 rpm for 2 min. After this stage, hexane droplets were separated, removed
with a 10 µL Hamilton syringe, and injected into the GC.

3.7. Data Analysis

Data analysis was performed using the RSREG method in DE7. The regression coeffi-
cients of the empirical data were generalized as a quadratic polynomial model [36]. This
model is as follows in Equation (2):

Y = β0 +
3

∑
i=1

βiXi +
3

∑
i=1

βiiXi2 +
3

∑
i<1=1

βijXiXj (2)
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Y = the amount of MTBE, β0 = interactive regression coefficients, βi = linear regression
coefficients, βii = quadratic regression coefficients, βij = interactive regression coefficients,
and Xi and Xj = dependent variables

ANOVA was used to determine the significance of the model and independent vari-
ables and determine the values of R2, R2

adjusted, and R2
predicted. The p-value and lack of fit

in the variance analysis table, the normal curves, and the predicted values versus the real
values were used to check the model’s desirability and data. The statistically significant
level of the p-value was 0.05 [37]. The lack of fit value should not be meaningful (meaning
any distorted data in the model). The contours and three-dimensional charts were plotted
to analyze the removal rate of MTBE and the interactions of independent variables. Finally,
the RSM-obtained optimal conditions for removing MTBE and arsenic were obtained using
predicted equations.

4. Conclusions

Although the photocatalytic process is a suitable method for treating MTBE in
an aqueous solution, the presence of some contaminants can be a limiting factor for efficient
removal. Arsenic is a metalloid that oxides during the photocatalytic process and competes
with MTBE for oxidation. In general, it can be concluded that the method used in this
study is more suitable for lower concentrations of MTBE. Although less attention was paid
to the effect of As on water treatment, this study showed that the presence of arsenic in
water could limit the efficiency of removal of MTBE. Since there is arsenic in some water
resources and MTBE leaching, pretreatment for the removal of arsenic is essential. The
photocatalytic process is more cost-effective than other methods used to remove organic
compounds, such as air stripping, GAC, incineration, and ozonation. This process generally
destroys organic pollutants at an ambient temperature and pressure without any need for
direct oxygen injection. However, this treatment method is applicable in conditions that
are optimal in economic, environmental, and operational terms. The presence of some
inhibitory and disruptive factors, such as arsenic, in the water environment could reduce
the process efficiency. Therefore, it could be argued that arsenic separation and removal
before the photocatalytic process is one of the best options for decreasing this inhibitory
effect, which reduces downstream treatment costs.

In this study, the inhibitory effect of arsenic on the photocatalytic oxidation process of
MTBE using Fe2O3/MgO was investigated. The Fe2O3/MgO nanocatalyst was successfully
synthesized based on the SEM, EDX, and XRD analyses. The results showed that MTBE
was removed successfully by photocatalytic oxidation and the best model was the quadratic
model (p < 0.0001, F = 45.84, R2 = 0.9693, R2 adjusted = 0.9482, and R2 predicted = 0.8984).
According to the quadratic model and ANOVA analysis, the most effective factors were
the initial concentration of MTBE and the catalyst dosage. The process optimization ex-
pressed that the efficiency of the MTBE oxidation process was improved by increasing
both the catalyst dosage and time and decreasing MTBE and the pH. The predicted and
experimental removal efficiencies were 90.90% and 88.73%, respectively, under the optimal
conditions (initial concentration of MTBE = 37.5 mg/L, pH = 5,Catalyst = 1.54 g/L, and
Time = 21.41 min). Although the process successfully removed MTBE, arsenic was intro-
duced as an inhibitor factor. So, the highest inhibitory effect related to the initial arsenic
is 0.5 mg/L. Concerning these results, the pretreatment of arsenic from water resources
and more details about the inhibitory effect of arsenic on the photocatalytic removal of
MTBE, such as the formation of hole-electrons, is essential. Moreover, further studies are
suggested to determine the effect of other heavy metals and metalloids on organic matter
removal efficiency.
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Abstract: In the present study, the photocatalytic degradation of amisulpride using g-C3N4 catalyst
under UV-A irradiation was investigated. The photocatalytic process was evaluated in terms of its
effectiveness to remove amisulpride from ultrapure and real municipal wastewater. High removal
percentages were achieved in both aqueous matrices. However, a slower degradation rate was
observed using wastewater as matrix that could be attributed to its complex chemical composition.
The transformation products (TPs) were identified with liquid chromatography–mass spectrom-
etry (LC–MS) in both ultrapure and real municipal wastewater. Based on the identified TPs, the
photocatalytic degradation pathways of amisulpride are proposed which include mainly oxidation,
dealkylation, and cleavage of the methoxy group. Moreover, the contribution of reactive species to
the degradation mechanism was studied using well-documented scavengers, and the significant
role of h+ and O2

•− in the reaction mechanism was proved. The evolution of ecotoxicity was also
estimated using microalgae Chlorococcum sp. and Dunaliella tertiolecta. Low toxicity was observed
during the overall process without the formation of toxic TPs when ultrapure water was used as
matrix. In the case of real municipal wastewater, an increased toxicity was observed at the beginning
of the process which is attributed to the composition of the matrix. The application of heterogeneous
photocatalysis reduced the toxicity, and almost complete detoxification was achieved at the end
of the process. Our results are in accordance with literature data that reported that heterogeneous
photocatalysis is effective for the removal of amisulpride from aqueous matrices.

Keywords: photocatalysis; g-C3N4; pharmaceuticals; amisulpride; mechanism; reactive species;
transformation products; ecotoxicity

1. Introduction

Aquatic pollution derived from chemicals that are generated during various anthro-
pogenic activities is an environmental issue of considerable importance. The increasing use
of chemicals due to the current model of life and the continued growth of the population is
expected to cause greater pressure on natural ecosystems and humans in the near future.
Pollution caused by a multitude of pharmaceutical compounds used by humans is an
environmental problem that has attracted scientific interest. Pharmaceutical substances are
a large and diverse group, usually of organic compounds, which are used in high quantities
throughout the world. They are also considered to be a unique class of pollutants because
of their characteristics. In many cases, their behavior and fate cannot be simulated with
other categories of organic pollutants [1,2].

The main source of pharmaceutical residues in the aquatic environment is wastewater
treatment plants (WWTPs), which exhibit frequently limited capacity to remove these
pollutants, since most of them cannot be metabolized by microorganisms [3,4]. As a result,
pharmaceutical compounds reach aquatic systems at concentration levels from ng L−1 to
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µg L−1, but even at these very low concentrations, they can cause toxicological risks on
living organisms [5,6].

Psychiatric drugs are a class of pharmaceuticals often prescribed and used in a wide
range of mental health problems, and their use is increasing worldwide. Up to now,
many studies have been carried out to investigate the presence of psychiatric compounds
in the environment. Amisulpride is a typical antipsychotic drug [7], and its occurrence
in the environment has been highlighted in recent monitoring studies. For instance, in
hospital WWTP effluent of Ioannina (northwestern Greece), amisulpride has been detected
at concentration ranges from 102.0 ng L−1 to 929.4 ng L−1 [8]. In seawater of the Eastern
Mediterranean Sea, amisulpride was detected in the range of <0.2–5.5 ng L−1 [9]. Moreover,
Gago–Ferrero at al. reported amisulpride detection in the effluent of WWTP of Athens at
a concentration of 0.07 ng L−1 [10]. During the first wave of COVID-19, amisulpride was
quantified at 16.8 ng L−1 in wastewater samples of Milano and Monza (Italy) WWTPs [11].
Amisulpride has also been identified as a persistent contaminant that can be introduced
into the aquatic environment and able to reach groundwaters. Moreover, the formation of
its characteristic non-biodegradable N-oxide product has been verified during its treatment
by conventional methods, revealing the need for advanced treatment [12,13]. Incomplete
removal of various pollutants including pharmaceuticals from conventional WWTPs clearly
shows the need for applying innovative technologies [3,4]. Advanced oxidation processes
(AOPs) have been proposed as a tertiary treatment for wastewater [14,15]. Among different
AOPs, heterogeneous photocatalysis is a promising method for the removal of organic
compounds [13]. Graphitic carbon nitride (g-C3N4), an organic semiconductor, has drawn
widespread attention and become a hotspot for a wide variety of photocatalytic applications
(e.g., degradation of organic pollutants, CO2 and NOx reduction, hydrogen production,
organic selective synthesis, and water splitting). This visible light photocatalyst is an
outstanding option due to its properties such as graphene-like structure, chemical and
thermal stability, good visible light absorption, and low-cost [16–19]. Previously, g-C3N4
has been used in photocatalytic experiments in various aqueous matrices including real
hospital wastewaters [8]. However, the application of g-C3N4 catalysts for the degradation
of amisulpride under various matrix parameters, the identification of transformation
products (TPs), and the ecotoxicological assessment of the photocatalytic treatment have
not been studied so far. For this purpose, the main goal of this study was to investigate the
photocatalytic degradation of amisulpride under UV-A irradiation using g-C3N4 catalyst
and the identification of the TPs formed in the photocatalytic process. Furthermore, the
toxicity by means of microalgae Chlorococcum sp. and Dunaliella tertiolecta was evaluated.
Finally, the contribution of reactive species to the degradation mechanism was estimated.

2. Results and Discussion
2.1. Photocatalytic Degradation Kinetics

Before the study of amisulpride photocatalytic degradation, preliminary control exper-
iments (adsorption and UV-A photolysis) were conducted in ultrapure water (UW), and the
results are depicted in Figure 1. Adsorption experiments showed that the equilibrium suc-
ceeded at 30 min, and about 13% removal of amisulpride was observed. Photolysis under
UV-A light resulted in a negligible decrease (~6.0%) of amisulpride and can be explained
by the UV-Vis spectra of the pharmaceutical (Figure S1). Direct photolysis under UV-A
light and the employed conditions was not expected since amisulpride does not absorb at
365 nm (maximum emission wavelength of the employed irradiation source), justifying the
observed trend. Negligible photodegradation of the studied pharmaceutical under UV-A
irradiation [13] and simulated solar irradiation [8] was also reported in previous studies.
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Figure 1. Adsorption and UV-A photolysis of amisulpride in UW ([amisulpride]0 = 1 mg L−1;
[g-C3N4] = 300 mg L−1).

The photocatalytic performance of g-C3N4 was evaluated under UV-A light in both
UW and treated municipal wastewater (WW), and the results are presented in Figure 2.
The photocatalytic study reveals that g-C3N4 can be activated with the adsorption of
photon energy larger than its bandgap (~2.82 eV) and subsequently generates a photo-
induced electron–hole pair (e− - h+) as well as other reactive species responsible for
amisulpride degradation. The reaction kinetics of amisulpride degradation were studied
in both matrices, the experimental data were fitted in pseudo-first order reaction kinetics,
and the corresponding kinetics parameters (degradation rate constants, half-lives, and
correlation coefficients) are reported in Table 1. High removals were achieved in both
matrices (Figure 2). The degradation percentages were about 86.0% within 60 min in
UW and about 67.0% within 180 min in WW. Our results are in agreement with previous
photocatalytic studies in which high removal percentages (up to 98%) of amisulpride
were achieved in aqueous matrices using various photocatalysts, i.e., TiO2, C-doped TiO2,
g-C3N4, and SrTiO3/g-C3N4 [8,13].

A higher degradation rate was observed in UW than WW. In particular, a rate constant
of k = 3.04 × 10−2 min−1 and a half-life of t1/2 = 22.80 min were calculated for amisulpride
in UW. The amisulpride degradation was significantly lower in WW (k = 0.7 × 10−2 min−1

and t1/2 = 99.02 min).
This trend indicates the significant effect of the constitution of the water matrices on

the photocatalytic performance. It is well-documented in the literature that the organic as
well as inorganic content (e.g., Cl−, HCO3

−, NO3
−, SO4

2−) that co-exist in WW can affect
the photocatalytic performance, acting mainly as scavenger of the reactive species [20,21].
Moreover, the constituents of WW can be adsorbed onto a catalyst’s surface leading to the
change of the surface charges as well as to the reduction of the available active sites [8].
Metal ions, also present in WW, can significantly affect the photocatalytic performance.
The effects of Cu2+, Zn2+, Fe3+, and Al3+ were studied, and an inhibition influence on
the photocatalytic performance was observed in all cases under the studied experimental
conditions (Figure S2). The addition of metal ions can affect the photocatalytic degradation
through (i) the decrease of O2 reduction by photogenerated conduction electrons and
subsequent suppression of reactive oxygen species formation and (ii) alteration of the
pollutant’s adsorption [22].
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Table 1. Kinetic parameters (rate constants, correlation coefficients (R2), half-lives (t1/2)) of amisul-
pride photocatalytic degradation in UW and WW.

Matrix k × 10−2 (min−1) t1/2 (min) R2

UW 3.04 22.80 0.9420
WW 0.7 99.02 0.9809
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Figure 2. Photocatalytic degradation of amisulpride under UVA irradiation in UW and WW
([amisulpride]0 = 1 mg L−1; [g-C3N4] = 300 mg L−1).

The effect of initial pH was also evaluated for the degradation of amisulpride under
similar conditions in WW as matrix (Figure S3). The highest removal of amisulpride
was observed at natural pH (about 7.6). The pHPZC of the used catalyst was determined
to be ~4.9. Below or above this value, the charge of the catalyst surface is positive and
negative, respectively. Similarly, amisulpride (pKa 9.37) molecules are mainly protonated at
pH ~ 7.6. Subsequently, under the experimental conditions, electrostatic attractions occur
between amisulpride and negatively charged catalyst’s surface also leading to the highest
removal. On the other hand, under pH 4, electrostatic repulsions of positive charged
catalyst, and amisulpride molecules significantly decrease the degradation. Under pH 10,
some electrostatic repulsion of negative charged catalysts and partially negatively charged
amisulpride molecules could also be considered that verified the slight decrease of the
observed degradation.

2.2. Role of Reactive Species to the Degradation Mechanism

The contribution of HO•, h+,, and O2
•− was evaluated using isopropanol (i-PrOH),

methanol (MeOH), and p-benzoquinone (p-BQ), respectively. The scavengers were selected
due to their high-rate constant reaction with the corresponding species. More specifically,
i-PrOH is a well-documented HO• scavenger presenting a high-rate constant reaction with
the radical equal to 1.9 × 109 L mol−1 s−1 [23,24]. MeOH can quench both HO• and h+ and
react with HO• with a rate constant of 1 × 109 L mol−1 s−1 [20,25]. Para-benzoquinone
(p-BQ) can quench O2

•− with a rate constant of 1.9× 109 L mol−1 s−1 [20]. The pseudo-first
order rate constants as well as the degradation profile in the presence of scavengers are
presented in Table 2 and Figure 3, respectively.
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Table 2. Kinetic parameters (rate constants, correlation coefficients (R2)), and percentages of inhibition
(% ∆k) of amisulpride photocatalytic degradation in the presence of scavengers.

Scavenger k × 10−2 (min−1) R2 ∆k (%)

Without Scavenger 3.04 0.9420 -
i-PrOH 1.76 0.9800 42.1
MeOH 0.21 0.9292 93.1
p-BQ 0.80 0.9720 73.7
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Figure 3. Photocatalytic degradation of amisulpride in the presence of scavengers ([amisulpride]0 =
1 mg L−1; [g-C3N4] = 300 mg L−1; [i-PrOH] = 0.1 M; [MeOH]= 0.1 M; [p-BQ] = 0.2 mM, matrix: UW).

Among the employed scavengers, MeOH caused the highest inhibition (93.1%), as it
can quench both HO• and h+. In contrast, the addition of i-PrOH provoked only 42.1%
inhibition, highlighting the significant role of h+ and the low contribution of HO•. This is
in agreement with the literature data, as during the activation of g-C3N4 photocatalysts, the
formation of HO• through direct water or OH− oxidation by holes is not promoted, since
VB edges of g-C3N4 catalysts are still less positive than the redox potential of OH−/HO•

(1.99 eV vs. NHE) [26,27]. The significant role of h+ was further verified with experiments
using acetonitrile as reaction media (data not shown). The addition of p-BQ led to an
inhibition of 73.7%. Superoxide anions can directly degrade organic pollutants through
oxidative mechanisms. In addition, O•−2 can lead to the formation of HO• through the
following reactions [27]:

O•−2 + H+ → HO•2 (1)

2 HO•2 → O2 + H2O2 (2)

H2O2 + O•−2 → HO• + OH− + O2 (3)

Our results are consistent with a previous study [28] that reported that h+ and O2
•−

are the main species in the photocatalytic degradation of refractory contaminants using
g-C3N4- based catalysts. According to the above analysis, the proposed photocatalytic
mechanism involves the formation of electron–hole pairs in the conduction band (CB) and
valence band (VB) of g-C3N4. The holes (h+) in the VB of g-C3N4 participate directly in the
degradation process, whereas the e- on the CB can reduce O2 to O•−2 .
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2.3. Photocatalytic Degradation Mechanism

The TPs that are produced at the first stages of the photocatalytic processes were
identified in both UW and WW using mass spectrometry techniques and interpretation of
their mass spectra obtained in positive ionization mode. In total, three TPs were detected in
both matrices, and their structural identification was based on their molecular and fragment
ions (Table 3) as well as on previous literature data [13].

Table 3. Mass measurements ([M + H]+) and molecular formula of the identified TPs.

TPs [M + H]+ Molecular Formula

AMI 370.30 C17H27N3O4S
AMI1 340.37 C16H25N3O3S

AMI2
342.39
242.05
196.01

C15H23N3O4S

AMI3 386.26
196.01 C17H27N3O5S

Three pathways are proposed and depicted in Figure 4. The first pathway includes
the scission of the methoxy group of the amisulpride molecule and the formation of AMI1.
This TP was also identified by Skibiński et al., 2011 [29] during the photodegradation of the
studied pharmaceutical. Similarly, it was identified during the photocatalytic treatment of
pharmaceuticals mixture also containing amisulpride [13]. The other pathway proceeds
through dealkylation and more specifically through the cleavage of the ethyl group linked
to the N-atom (AMI 2). The last route leads to the formation of a characteristic N-oxide TP
viaan oxygen transfer mechanism [24]. N-oxide amisulpride is a characteristic TP that has
been identified during the treatment of amisulpride by photolysis [29] and heterogeneous
photocatalysis [13]. The absence of hydroxylated TPs verifies the low contribution of HO•

to the degradation mechanism, reported in the previous section. The proposed degradation
routes are consistent with previous work focused on the photocatalytic degradation of
pharmaceuticals mixture also containing amisulpride [13].
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The formation of TPs was also followed during the photocatalytic treatment. As
presented in Figure 5, the TPs in UW and WW attained their maximum area in 20 min and

160



Catalysts 2023, 13, 226

60 min, respectively. Thereafter, the area of the three TPs in both matrices were readily
reduced. Subsequently, the cleavage of the rings can take place, and low molecular weight
TPs can be produced before complete mineralization. After prolonged application of
heterogeneous photocatalysis, two low-molecular-weight carboxylic acids, i.e., formic and
acetic acid, were identified.
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2.4. Ecotoxicity Evolution

The evolution of toxicity against freshwater and marine microalgae was evaluated
in both matrices (Figures 6 and 7). According to the results, low toxicity was observed
at 0 min of the process in UW (Figures 6a and 7a). In contrast, the untreated solution of
amisulpride in WW (0 min) led to over 25% inhibition of growth rate for both microalgae
at contact time of 72 h (Figures 6b and 7b). The high growth inhibition rates observed in
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WW can be correlated with the composition of this matrix that can contain compounds
that exert toxic effects to the exposed microalgae. This was verified by the initial toxicity
of the wastewater sample which showed an inhibition of 18.1%. Similar trends were
also observed by Gomes et al., 2019 [30] and Antonopoulou et al., 2016 [20]. Only a
slight increase in toxicity was observed at the first stages of the photocatalytic treatment
in both matrices. This increase can be correlated with the formation of the identified
TPs. It is worth mentioning that the highest % growth inhibition rates were observed at
20 min and 60 min in UW and WW, respectively, where the TPs showed their maximum
formation. Similar to our results, enhanced toxicity at the first stages was also noticed
during the photocatalytic degradation of various contaminants in aqueous matrices by
different AOPs [20,31]. However, the contribution of the TPs in the overall toxicity can be
characterized as low. With the application of photocatalytic treatment, the % inhibition was
significantly reduced in all cases. This clearly indicates that heterogeneous photocatalysis
using g-C3N4 can proceed without the formation of toxic TPs. It is also able to significantly
reduce the toxicity derived from municipal wastewater.
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Figure 6. Evolution of toxicity during the photocatalytic process in: (a) UW; and (b) WW using
Chlorococcum sp. ([amisulpride]0 = 1 mg L−1; [g-C3N4] = 300 mg L−1).
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Figure 7. Evolution of toxicity during the photocatalytic process in: (a) UW; and (b) WW using
Dunaliella tertiolecta ([amisulpride]0 = 1 mg L−1; [g-C3N4] = 300 mg L−1).

3. Materials and Methods
3.1. Chemicals and Reagents

Amisulpride (98%) was obtained from Tokyo chemical industry Co., Ltd. (Tokyo,
Japan). Graphitic carbon nitride (g-C3N4) (BET SSA 35 m2g−1, particle size of 25 nm,
Eg = ~2.82 eV) was used as the photocatalyst [8,32]. Acetonitrile, isopropanol, methanol,
and water of HPLC-grade solvents were supplied by Fisher Chemical (Waltham, MA, USA).
p-benzoquinone (≥98%), formic acid, BG-11 medium (Cyanobacteria BG-11 Freshwater
Solution), and F/2 medium (Guillard′s (F/2) Marine Water Enrichment Solution) were pur-
chased from Sigma-Aldrich (St. Louis, MO, USA). Ultrapure water and treated wastewater
(pH = 7.45 ± 0.02; conductivity = 312.81 ± 20.3 µS cm−1; total suspended solids = 1.97 ±
0.022 mg L−1; chemical oxygen demand = 17.6± 1.92 mg L−1; PO4

3− = 3.85± 0.024 mg L−1;
SO4

2− = 32.1 ± 1.56 mg L−1; NO3
− = 24.2 ± 0.78 mg L−1) were used as matrices. The

microalgae species Chlorococcum sp. (strain SAG 22.83) and Dunaliella tertiolecta (strain
CCAP 19/6B) were purchased from the bank SAG collection of the Göttingen University
(Germany) and Scottish Marine Institute, Oban, Argyll, Scotland, respectively.
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3.2. Photocatalytic Experiments

Photocatalytic experiments were carried out on a system equipped with 4 black
light tubes from Sylvania (maximum emission at 365 nm) and electric fans to avoid
overheating. A cylindrical pyrex glass cell with a maximum capacity of 200 mL was
used as a photoreactor. In a typical experiment, the following experimental conditions
[amisulpride]0 = 1 mg L−1; [g-C3N4] = 300 mg L−1 were adopted. The suspensions were
kept in the dark for 30 min under continuous stirring to achieve adsorption equilibrium
before starting the radiation. The photon flux (I0) entering the solution was calculated to
be 1.1 ± 0.02 µEinstein s−1 under the applied conditions, periodically using potassium
ferrioxalate as actinometer [33,34]. PVDF 0.22 µm by Millex-GV was used to remove the
catalyst particles.

3.3. Scavenging Experiments

The contribution of hydroxyl radicals (HO•), superoxide anion radicals (O2
•−), and

positive holes (h+) in the degradation mechanism was evaluated using well-known scav-
engers, i.e., isopropanol (0.1M), p-benzoquinone (0.2mM), and methanol (0.1M), respec-
tively [13].

3.4. Analytical Methods

The concentration of amisulpride was quantified by a Dionex (Thermo Scientific)
Ultimate 3000 UHPLC using an Acclaim™ RSLC 120 C18 (2.2 µm, 2.1 × 100 mm) column
(Thermo Scientific) and an Acquity UPLC BEH C18 VanGuard™ pre-column (1.7 µm,
2.1 × 5 mm) from Waters. The mobile phase was a mixture of ultrapure water with 0.1%
formic acid (80%) and acetonitrile (20%) with a flow rate of 0.15 mL min−1. The detection
was performed at pollutant’s λmax.

3.5. UHPLC/MS Analysis

TPs were identified by a UHPLC/MS system (Ultimate 3000 RSLC System (Thermo
Scientific)/amaZon SL ion trap mass spectrometer from Bruker with an ESI source). A full
description of the analysis is reported in our previous work [13]. For the determination of
small-molecules TPs (carboxylic acids) that can be generated after the decay of the first-
stage TPs in heterogeneous photocatalysis, a Dionex P680 HPLC equipped with a Dionex
PDA-100 Photodiode Array Detector and a Themo Scientific AQUASIL C18 (250 mm length
× 4.6 mm ID × 5 µm particle size) analytical column with a flow rate of 1 mL min−1 was
used. The mobile phase consisted of 1% acetonitrile and 99% 0.05 M KH2PO4, pH 2.8. The
detection was performed at 210 nm.

3.6. Algal Biotest

Algal bioassays were conducted using Chlorococcum sp. (strain SAG 22.83) and
Dunaliella tertiolecta (CCAP19/6B) according to OECD 201 protocol [35], under sterile
conditions and continuous illumination (4300 lux). BG-11 and F/2 were used as culture
mediums for fresh and saltwater algal strains, respectively. The experiments were initiated
by appropriate transfers of stock algal cultures to conical flasks containing the appropriate
medium to maintain a supply of cells (1 × 104 cells mL−1) in the logarithmic growth phase
(final volume 100 mL). The samples collected at different stages were tested in duplicate
cultures for 72 h with continuous stirring under the abovementioned conditions. The cell
numbers were determined by using a Neubauer hemocytometer. Thereafter, the growth
rate (µ) and the % inhibition of growth rate were calculated. The results are expressed as
the mean ± SD.

4. Conclusions

The photocatalytic degradation of the pharmaceutical amisulpride was studied in UW
and treated WW using UV-A irradiation and g-C3N4 as the photocatalyst. High removal
percentages were observed in both matrices. However, a slower degradation rate was ob-
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served in WW that could be attributed to its complex composition containing both inorganic
and organic substances. A scavenging study proved the significant contribution of h+ and
O2
•− in the reaction mechanism. Oxidation, dealkylation, and cleavage of methoxy group

were found to take place during the photocatalytic degradation of the studied pharma-
ceutical. Low inhibition in the growth rates and consequently low toxicity were observed
at the beginning and during the photocatalytic process when UW was used as matrix,
using microalgae Chlorococcum sp. and Dunaliella tertiolecta. In contrast, higher adverse
effects were observed when WW was used as matrix. However, an overall abatement of the
effects was noticed at 180 min. Based on the results, heterogeneous photocatalysis using
g-C3N4 showed good performance for the removal of amisulpride without the formation
of harmful TPs. Considering that g-C3N4 has a response to visible light and consequently
solar light can be used for its activation, heterogeneous photocatalysis using g-C3N4 is
considered to be a promising method for removal of pharmaceuticals after the efficient
separation of the photocatalyst or its immobilization on appropriate supports.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/catal13020226/s1, Figure S1: UV-Vis spectrum of amisulpride
([amisulpride]0 = 1 mg L−1); Figure S2: Effect of metal ions on the photocatalytic degradation of
amisulpride in UW ([amisulpride]0 = 1 mg L−1, [metal ion]0 = 10 mg L−1, [g-C3N4] = 300 mg L−1);
Figure S3: Effect of pH on the photocatalytic degradation of amisulpride in WW ([amisulpride]0 =
1 mg L−1, [g-C3N4] = 300 mg L−1).
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Abstract: Today, the pollution caused by a multitude of pharmaceuticals used by humans has been
recognized as a major environmental problem. The objective of this study was to evaluate and com-
pare the photocatalytic degradation of ten target psychiatric drugs in hospital wastewater effluents
using g-C3N4 and 1%MoS2/g-C3N4 (1MSCN) as photocatalytic materials. The experiments were per-
formed using real wastewater samples collected from hospital wastewater treatment plant (WWTP)
secondary effluent in spiked and inherent pharmaceutical concentration levels. The photocatalytic
experiments were performed in a laboratory-scale pilot plant composed of a stainless-steel lamp reac-
tor (46 L) equipped with ten UVA lamps and quartz filters connected in series with a polypropylene
recirculation tank (55–100 L). In addition, experiments were carried out in a solar simulator apparatus
Atlas Suntest XLS+ at a 500 Wm−2 irradiation intensity. The analysis of the samples was accom-
plished by solid-phase extraction, followed by liquid chromatography-Orbitrap high-resolution mass
spectrometry. Results showed that the photocatalytic degradation of pharmaceutical compounds
followed first-order kinetics. In all cases, 1MSCN presented higher photocatalytic performance than
g-C3N4. The removal rates of the pharmaceutical compounds were determined above 30% and 54%
using g-C3N4 and 1MSCN, respectively. Parallel to kinetic studies, the transformation products (TPs)
generated during the treatment were investigated.

Keywords: pharmaceuticals; psychiatric drugs; hospital wastewaters; solar photocatalysis; g-C3N4;
1MoS2/g-C3N4; transformation products

1. Introduction

One of the emerging concerns in environmental science is the occurrence of phar-
maceuticals and their metabolites in the environment. Pharmaceutical compounds are
regarded as frustrating compounds, as they are released into the environment continuously
from various scattered points [1], due to the large amounts of medical compounds, human
and veterinary, that are consumed each year [2,3]. Pharmaceuticals are designed with high
stability and can maintain their chemical form long enough to be retained in the human
body and to remain in the environment in their original structure [4]. Pharmaceutical
compounds reach waters with concentrations from ng L−1 to µg L−1, but even at these
very low concentrations, they can cause toxicological risk to living organisms due to their
chemical and physical properties [2,3,5,6].

The appearance of mental health problems is associated with many social and eco-
nomic determinants, such as poverty, deprivation, and inequalities. Given that there is
an increase in these factors in times of economic crisis, it is to be expected that the mental
health of the population is also at higher risk. According to the World Health Organization,
the COVID-19 pandemic has also created a global mental health crisis, undermining the
mental health of millions of people, although even before it, one in eight people worldwide
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were already living with a mental disorder [7]. There has been special interest in psychiatric
drugs, as contaminants, because of their continuously increasing use, on the one hand, and
because many of them affect phylogenetically conserved neuroendocrine systems, on the
other hand, which may create problems to other non-target organisms. The rapid increase
in the use of psychiatric drugs has resulted in their strong presence in the environment. As
to their therapeutic use, psychiatric drugs are categorized into six classes: (i) anxiolytics,
hypnotics, and sedatives; (ii) antidepressants; (iii) stimulants; (iv) antipsychotics; (v) mood
stabilizers; (vi) drugs to treat drug dependence [8].

The psychiatric drugs enter the wastewater treatment plants from the disposal of
unused or expired medicines and from human excretions. Although psychiatric drugs are
excreted by humans mainly as metabolites, biologically active or not, part of the drug is
excreted without being metabolized. Hospital and municipal WWTPs represent the major
source for the presence of this class of micropollutants in the environment due to their
limited capacity to remove such micropollutants [2,9].

Pharmaceuticals may have diverse consequences on the environment, as these com-
pounds can be persistent, bioaccumulative, and can cause both serious and chronic human
and ecotoxicological harm. The presence of psychiatric drugs in water reservoirs world-
wide, as well as with their potential bioaccumulation in aquatic organisms, has been
confirmed in several studies. For instance, in hospital WWTP effluent of Ioannina (north-
western Greece), venlafaxine has been detected with a maximum mean concentration of
550.3 ngL−1 and bupropion with a minimum mean concentration of 39.9 ngL−1 [9]. In
addition, in a monitoring study of psychiatric drugs in rivers of Portugal, the most fre-
quent psychiatric drugs found were antidepressants such as carbamazepine, citalopram,
fluoxetine, sertraline, and trazodone in concentrations of up to 2.0 ng L−1 [10]. Moreover,
Vasskog et al. reported sertraline detection in wastewater treatment plants in Norway
at concentrations ranging from 0.9 to 6.3 ngL−1 [11]. The drugs used in neurology and
psychiatry affect humans as well as every other living organism. Telles-Correia et al. found
that venlafaxine, bupropion, quetiapine, and other pharmaceuticals cause severe liver
diseases [12]. Antidepressants are considered toxic to very toxic to algae [13]. In addition,
Grzesiuk et al. (2018) demonstrated that, upon chronic exposure to low concentrations,
fluoxetine affected the ecophysiology of two species of microalgae, Acutodesmus obliquus
and Nannochloropsis limnetica [14]. Finally, Best et al. (2014) demonstrated that Venlafax-
ine at environmentally relevant concentrations affects the metabolic capacities and may
compromise the adaptive responses of rainbow trout to an acute stressor [15].

Another important issue to be considered is the production of transformation products
(TPs) under environmental conditions or during wastewater treatment. TPs are products
generated in the environment and in the wastewater treatment plants by chemical, physical,
and biological processes. Some studies have noticed the presence of TPs in different
environmental matrices, including wastewaters, surface waters, and soil. The mostly
unknown ecotoxicological effects of TPs can affect human health and aquatic biota [16].

Different methods, such as adsorption, and biological and chemical processes such
as chlorination have been used for water treatment and environmental protection. These
methods have shown limited success and usually do not reach complete removal of phar-
maceutical compounds, so more powerful and efficient technologies are required for appli-
cation in treatment of pharmaceuticals. On the other hand, Advanced Oxidation Processes
(AOPs) are promising, modern, and environmentally friendly methods used to remove
organic pollutants, such as pharmaceutical compounds, prior to discharge into aquatic
systems [3,17]. AOPs can attain better quality of treated water as they improve overall
removal efficiencies of contaminants [18]. Among AOPs, heterogeneous photocatalysis
using semiconductors has proven to be a promising technique due to its high efficiency,
photostability, and non-toxic properties of the catalysts.

Graphitic carbon nitride (g-C3N4) has semiconductor characteristics with a narrow
band gap of ~2.7 eV. g-C3N4 expedited interest as a non-toxic, environmentally friendly,
thermally and chemically stable, and facilely available inexpensive material, due to low-
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cost precursors (e.g., urea, thiourea, and melamine), for a broad variety of photocatalytic
applications [19,20]. However, its photocatalytic efficiency is limited because of the recom-
bination process, which consists of the transport of electrons back to the valence band.
This phenomenon competes with the electron–hole pair formation, which diminishes the
efficiency of the pollutant degradation. To circumvent this problem, several strategies have
been established by different research groups. One approach is to combine two or more
semiconductors. Heterostructuring can separate the electrons and holes and change their
band structures, decreasing the recombination effects. Molybdenum sulfide (MoS2) has also
attracted great attention as a co-catalyst as it possesses a narrow band gap (1.2–1.9 eV), high
stability, and proper band edge potential for the interfacial charge transfer in heterostruc-
tures [21]. The coupling of MoS2 and g-C3N4 could significantly reduce the charge carrier
recombination and highly improve photocatalytic activity compared to bare materials.

This study focuses on the application of photocatalysis for the removal of psychiatric
drugs present in HWW secondary effluents at spiked and inherent concentrations by
different photocatalytic semiconductors and different irradiation sources. g-C3N4 and
1MSCN were compared for the photocatalytic degradation of target compounds. According
to our knowledge, photocatalytic degradation of psychiatric drugs by g-C3N4 and 1MSCN
in real hospital WWTP secondary effluents and environmentally relevant concentrations has
not yet been published in the scientific literature. Experiments have also been performed
in order to investigate the influence of different irradiation types (UV and simulated
solar radiation) on the process performance as a limited number of articles deal with the
comparison among the commonly used light sources.

2. Results and Discussion
2.1. Degradation of Psychiatric Drugs

The efficiency of photocatalysts g-C3N4 and 1MSCN in the photocatalytic degrada-
tion of the target compounds was investigated in two photocatalytic systems, a small
lab-scale reactor and solar simulator (suntest), as well as lab-scale pilot plant (L-PP) and
UV-lamps. The degradation of the psychiatric drugs followed first-order kinetics in both
cases. Tables 1 and 2 show the photocatalytic degradation rate constants, correlation
coefficients, and % removal of the target compounds, while Figure 1 shows the degrada-
tion kinetics.

Table 1. Kinetic parameters (first-order kinetic constants (k, min−1), correlation coefficients (R2), and
% degradation of pharmaceuticals) after photocatalytic treatment at the solar simulator.

g-C3N4 1MSCN

Pharmaceutical k (min−1) R2 % Degradation
(Time, min) k (min−1) R2 % Degradation

(Time, min)

Amisulpride 0.029 0.9944 100 (240) 0.03 0.9901 100 (180)
O-desmethyl-venlafaxine 0.012 0.9394 98 (300) 0.013 0.9728 99 (300)
Venlafaxine 0.015 0.9989 99 (300) 0.015 0.9791 99 (300)
Clozapine 0.003 0.9814 60 (300) 0.003 0.9699 66 (360)
Citalopram 0.002 0.9882 53 (300) 0.003 0.9594 62 (300)
Quetiapine 0.015 0.99 99 (300) 0.04 0.9926 99 (120)
Carbamazepine 0.009 0.9677 96 (300) 0.012 0.9836 97 (300)
Bupropion 0.004 0.9772 76 (300) 0.004 0.9476 79 (360)
Fluoxetine 0.017 0.9771 99 (300) 0.02 0.9934 100 (300)
Amitriptyline 0.001 0.9265 30 (300) 0.002 0.9915 54 (300)

As can be seen in Figure 1, photocatalytic degradation of target compounds using
1MoS2/g-C3N4 proceeded faster than the g-C3N4 photocatalyst in all experiments. Pho-
tocatalytic degradation experiments at the lab-scale pilot plant using 1MSCN showed
removal percentages at the end of the process that ranged between 91% and 100%. Namely,
in the presence of 1MSCN, after 360 min, photocatalytic removal by 100% for amisulpride,
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venlafaxine, and metabolite O-desmethyl venlafaxine and 99% for quetiapine, fluoxetine,
carbamazepine, and amitriptyline were accomplished; while for clozapine, citalopram,
and bupropion, 98%, 97%, and 91% were recorded, respectively. On the other hand, the
degradation efficiency of target compounds differed to a lesser extent in the presence of
g-C3N4 (78–100%). Using g-C3N4 as a photocatalyst, the lowest degradation performance
of 78% was recorded in the case of bupropion. Amitriptyline showed the highest degrada-
tion rate constant in both experiments (0.039 min−1 and 0.025 min−1 for 1MoS2/g-C3N4
and g-C3N4, respectively). The 1MSCN photocatalyst showed a higher photocatalytic
degradation of the psychiatric drugs also in experiments carried out at the solar simulator
apparatus. Amisulpride, fluoxetine, and metabolite O-desmethyl venlafaxine were com-
pletely degraded. Using g-C3N4, the photocatalytic efficiency decreased by 6% and 9% for
clozapine and citalopram, respectively. The lowest degradation performances of 54% and
30% were recorded for amitriptyline in the case of 1MSCN and g-C3N4, respectively.

Regarding the influence of different types of irradiation sources on the efficiency
of psychiatric drugs removal, lab-scale pilot plant experiments using 1MSCN photocat-
alyst led to higher photocatalytic rate constants by 3.45% (for citalopram) and 56% (for
amitriptyline) compared to the efficiency of g-C3N4 photocatalyst. In the case of simulated
solar simulator experiments, the photocatalytic process led to the complete degradation
of amisulpride, metabolite O-desmethyl venlafaxine, fluoxetine, and quetiapine. Using
1MSCN photocatalyst instead of g-C3N4 photocatalyst, the rate constants increased by
3.45% for amisulpride and metabolite O-desmethyl venlafaxine, 17.65% for fluoxetine, and
166.7% for quetiapine.

For comparison to previously reported results dealing with the degradation of psy-
choactive pharmaceuticals using g-C3N4 photocatalysts, Kane et al. [22] studied the degra-
dation of carbamazepine under UV light irradiation using g-C3N4 and g-C3N4/TiO2 pho-
tocatalysts, reporting that composite materials possess higher degradation activity. More
specifically, removal percentages were 71.41% and 5.97% for 10% g-C3N4/TiO2 and g-C3N4,
respectively. In addition, Moreira et al. [23] studied the photocatalytic degradation of nine
organic pollutants (including three psychiatric drugs, namely carbamazepine, venlafaxine,
and fluoxetine) found in biologically treated effluents of an urban wastewater treatment
plant (North Portugal) using exfoliated g-C3N4. At the end of the photocatalytic process,
an almost complete removal of all compounds was observed.

Table 2. Kinetic parameters (rate constants (k, min−1), correlation coefficients (R2), and % degradation
of pharmaceuticals) after photocatalytic treatment at laboratory pilot plant.

g-C3N4 1MoS2/g-C3N4

Pharmaceutical k (min−1) R2 % Degradation
(Time, min) k (min−1) R2 % Degradation

(Time, min)

Amisulpride 0.017 0.9958 100 (360) 0.018 0.9028 100 (360)
O-desmethyl-venlafaxine 0.009 0.9831 97 (360) 0.009 0.9259 100 (360)
Venlafaxine 0.014 0.9837 100 (360) 0.016 0.9956 100 (360)
Clozapine 0.01 0.9786 98 (360) 0.011 0.9892 98 (360)
Citalopram 0.007 0.9371 93 (360) 0.008 0.9669 97 (360)
Quetiapine 0.015 0.9915 99 (360) 0.02 0.9953 99 (240)
Carbamazepine 0.013 0.9877 99 (360) 0.015 0.9922 99 (360)
Bupropion 0.004 0.9751 78 (360) 0.005 0.9772 91 (360)
Fluoxetine 0.011 0.9869 99 (360) 0.011 0.9894 99 (360)
Amitriptyline 0.025 0.9945 99 (180) 0.039 0.9961 99 (120)
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Figure 1. Photocatalytic degradation of psychiatric drugs using g-C3N4 and 1MoS2/g-C3N4 catalysts 
in lab-scale pilot plant (LPP) and in solar simulator (Suntest) as a function of irradiation time. 

 

Figure 1. Photocatalytic degradation of psychiatric drugs using g-C3N4 and 1MoS2/g-C3N4 catalysts
in lab-scale pilot plant (LPP) and in solar simulator (Suntest) as a function of irradiation time.
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The occurrence and photocatalytic removal of the inherent concentration of target
psychiatrics in the effluent using g-C3N4 and 1MSCN photocatalysts (100 mgL−1) under
simulated solar radiation were also determined. As we are dealing with the inherent
concentration of pharmaceutical compounds, the presence of all ten psychiatric drugs was
not detected in every case. More specifically, using g-C3N4, a total of five compounds
(amisulpride, venlafaxine, O-desmethyl venlafaxine, and quetiapine) were detected in
concentrations higher than LOQ, while fluoxetine was found in trace levels. Amisulpride’s
concentration in the effluent was 42.2 ngL−1. Venlafaxine and metabolite O-desmethyl
venlafaxine was found at concentrations levels of 24.6 ngL−1 and 38.1 ngL−1, respectively.
Quetiapine presented the lowest observed concentration at 8.2 ngL−1. After 120 min,
amisulpride presented 44% degradation, while venlafaxine and metabolite O-desmethyl
venlafaxine presented 43% and 37% elimination, respectively. The highest degradation
rate, 85%, was noticed for quetiapine after 60 min of irradiation. Amisulpride, venlafaxine,
O-desmethyl venlafaxine, carbamazepine, and fluoxetine were also found when 1MSCN
photocatalyst was used. Concentrations ranging between 5.04 ngL−1 for fluoxetine and
578.5 ngL−1 for amisulpride. Amisulpride presented the highest degradation rate, 99%,
after 180 min of irradiation, while the lowest degradation rate was noticed for fluoxe-
tine, 47%, after 300 min of irradiation. At the end of the photocatalytic reaction (after
300 min), venlafaxine presented 97% degradation, while O-desmethyl venlafaxine and
carbamazepine presented 90% and 80% degradation, respectively.

Additionally, BOD5 and COD measurements were performed before and after the pho-
tocatalytic treatment at the lab-scale pilot plant using g-C3N4 and 1MSCN. The BOD5/COD
ratio is considered to be a suitable criterion for biodegradability, as it is not affected by
the amount or the oxidation state of organic matter [24–26]. Table 3 shows the BOD5,
COD, and BOD5/COD ratio measured in secondary effluent of hospital WWTP and after
the photocatalytic processes. The ratio of BOD5/COD after 360 min of irradiation time
decreased from the initial 0.55 to 0.38 for g-C3N4 and 0.13 to 0.07 for 1MSCN. The variation
in COD before and after the photocatalytic treatment may also be affected by the initial
suspended solid concentrations in the treated effluents or the interference of produced
H2O2 from the catalysts during the treatment.

Table 3. BOD5 (mgL−1), COD (mgL−1), and BOD5/COD measured in secondary effluent of hospital
WWTP before and after photocatalytic treatment.

g-C3N4 1MoS2/g-C3N4

Before Treatment
(t = 0 min)

After Treatment
(t = 360 min)

Before Treatment
(t = 0 min)

After Treatment
(t = 360 min)

BOD5 (mgL−1) 15.5 14 4.3 1.4
COD (mgL−1) 28 37 33 19
BOD5/COD 0.55 0.38 0.13 0.07

2.2. Transformation Products

Most studies dealing with the treatment of real wastewaters examined usually only
the removal of parent drug compounds, whereas our study coped with the challenge to
identify transformation products at very low concentration in spiked and unspiked real
effluent samples. LC–HRMS data on the identification of target psychiatric compounds
TPs as well as their structures are summarized in Table 4. Figure 2 presents the evolution
profiles of the identified transformation products after the photocatalytic process at the
laboratory-scale pilot plant using 1MSCN.

Regarding venlafaxine (VNX), two TPs were found. The first with m/z 262.1802 and
elemental composition C16H24NO2

+ could be generated from further oxidation of metabo-
lite ODV (m/z 264.1958). Second, TP yielded an accurate mass of 250.1802 (C15H24NO2

+).
VNF-TP1 and VNX-TP2 maximized at 15 min. Both TPs were identified as intermediate
products of venlafaxine after the photocatalytic process by Konstas et al. (2019) [27].
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Table 4. Retention time (Rt), elemental formula, mass error, and double-bond–ring-equivalent number
(RDB) of parent compounds and transformation products (TPs) identified during the photocatalytic
treatment by UHPLC-Orbitrap MS.

Parent Compounds/TPs Rt (min) Elemental
Formula [M + H]+ ∆ (ppm) RDB Chemical Structure

Venlafaxine 3.60 C17H28NO2 2.644 4.5
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According to previous published data, O-desmethyl venlafaxine is the main product
of human metabolism at a rate of 90%, while N-desmethyl venlafaxine is also produced but
only at a rate of 10%. Both TPs have been identified elsewhere during the photocatalytic
process with O-desmethyl venlafaxine to represent the main TP, while degradation path-
ways were also discussed [28]. In our study, O-desmethyl venlafaxine with m/z 264.1954
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(C16H25NO2) was identified. Only one TP of ODV was observed after 15 min with m/z
246.1852, corresponded to H2O loss, yielded an elemental structure of C16H24NO, and was
completely removed after 120 min of the photocatalytic process.
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Concerning quetiapine, one TP was observed. This TP exhibited an m/z of 159.1120
and peak up at 60 min. This TP has been reported by Skibinski as a TP formed after a
photodegradation study of quetiapine [29].

As for fluoxetine, two TPs were identified. TP1 was m/z 166.1225 with the chemical
formula C10H15NO. Moreira et al. (2020) also reported the finding of this TP in the photo-
catalytic degradation of Prozac by TiO2 nanoparticles [30]. TP2 with molecular formula
C10H13NO provided a peak at m/z 164.1069, which indicates the loss of the trifluorotoluene
and the oxidation of the alcohol produced in the corresponding ketone. Both TPs were
observed after 15 min, maximized at 30 min, and completely degraded after 120 min.

Photocatalytic experiments in the presence of scavengers have been previously stud-
ied [19] for the degradation of phenolics using the same catalysts. Isopropanol (IPA),
superoxide dismutase (SOD), and triethanolamine (TEOA) were used to scavenge •OH,
O2

•−, and h+, respectively. Based on the previous results, kinetics retardation follows
the trend TEOA > SOD > IPA, suggesting mainly the participation of positive holes (h+)
and O2

•− with •OH being formed secondary in a minor extent. The critical role of holes
in contaminant degradation using g-C3N4 catalysts was also elucidated previously [31].
Based on the above, the formation of the detected TPs or the absence of TPs related to •OH
attack such as hydroxyderivatives is consistent with the formation of major oxidant species.
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3. Materials and Methods
3.1. Reagents and Chemicals

All reagents used in the experiments were of high purity grade (>97%). Bupropion
hydrochloride (BUP) was obtained from LGC (Wesel, Germany). Amisulpride (AMS),
amitriptyline (AMT), fluoxetine hydrochloride (FLX), and venlafaxine hydrochloride (VNX)
were purchased from TCI (Zwijndrecht, Belgium). Carbamazepine (CBZ), citalopram (CIT),
clozapine (CZP), O-desmethyl venlafaxine (ODV), and quetiapine (QTP) were purchased
from Sigma-Aldrich (Darmstadt, Germany). Carbamazepine-d10 and fluoxetine-d5 hy-
drochloride were supplied from A2S (Saint Jean d’Illac, France). Individual stock solutions
of each compound, as well as isotopically labeled internal standard solution, were pre-
pared in methanol and stored at −20 ◦C. LC-MS-grade methanol, LC-MS-grade water,
and Na2EDTA grade were purchased from Fisher Scientific (Leicestershire, UK). Folin–
Ciocalteu’s phenol reagent and formic acid (purity, 98–100%) were obtained from Merck
KGaA (Darmstadt, Germany). Sodium carbonate and p-hydroxy benzoic acid were sup-
plied from Sigma Aldrich (St. Louis, MO, USA). Oasis HLB (200 mg, 6 cm3) cartridges used
for solid-phase extraction were bought from Waters Corporation (Milford, MA, USA).

3.2. Collection of Hospital Wastewater Treatment Plant Samples

Samples of real hospital wastewater treatment plant effluent were collected from the
University hospital WWTP of Ioannina (Northwestern Greece) and used for all experiments.
The hospital is an academic medical center that interrelates with Ioannina’s University’s
School of Medicine and School of Nursing. It has a capacity of 800 beds and almost
45,000 people are treated in the hospitals’ care clinics, while almost 130,000 people use
the hospitals’ casualty department every year. The HWWTP consists of a pretreatment
step (grit-removal), flow equilibration tank, and a biological secondary treatment, with the
final step being the disinfection with the addition of NaClO (15% solution). The hydraulic
retention time (HRT) of the WWTP is 6 h, while the solid retention time (SRT) is 1.5 days.
This plant discharges its effluent wastewater into the urban network, which results in the
municipal WWTP; therefore, the assessment of its efficiency has substantial interest.

Secondary effluent, for all lab-scale experiments, was collected in jerrycans and trans-
ported immediately to the laboratory. Physicochemical parameters of the samples were
determined by applying standard methods. The chemical oxygen demand (COD) was
measured by a WTW Thermoreactor 3200 and a WTW pHotoFlex portable photometer
by following the corresponding set test for each application (WTW, Weilheim, Germany).
Five-day biochemical oxygen demand (BOD5) was determined by means of a WTW OxiTop
OC 110 system and a WTW TS 606-G/2-i thermostat cabinet (WTW, Weilheim, Germany).

3.3. Photocatalytic Materials

Two different semiconductor materials were used, i.e., graphitic carbon nitride
(g-C3N4) (specific surface area: 35 m2g−1, particle size of 25 nm, Eg = 2.82 eV) prepared
using urea as a precursor compound, and a composite catalyst 1%MoS2/g-C3N4 (1MSCN)
(specific surface area: 62.2 m2g−1, particle size of 9.5 nm, Eg = 2.66 eV). The synthesis
and characterization of the semiconductor materials are described elsewhere [19]. The
selection of 1MSCN material is based on our previous publication [19] that studied a series
of composite g-C3N4/MoS2 materials with different percentages (1, 2, 5, and 10%) of MoS2
loadings, concluding that the catalyst with 1% MoS2 loading was the most active toward
the photocatalytic degradation of phenolics.

3.4. Photocatalytic Experiments
3.4.1. Solar Simulator

Photocatalytic experiments were carried out in a solar simulator apparatus Atlas
Suntest XLS+ (Atlas, Germany) equipped with a xenon lamp (2.2 kW) and special filters in
place to prevent the transmission of wavelengths below 290 nm. During the experiments,
the irradiation intensity was maintained at 500 Wm−2. In the wastewater photocatalytic
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treatment process, aqueous solutions (250 mL) and the catalyst (100 mgL−1) were trans-
ferred into a double-walled Pyrex glass reactor, thermostated by water flowing in the
double-skin of the reactor. The suspension was spiked with a mixed standard solution of
target psychiatric drugs at a concentration of 250 ngL−1. To ensure the establishment of
adsorption–desorption equilibrium onto the catalyst surface, the suspension was stirred by
a magnetic stirrer in the dark for 30 min, before exposure to light. The wastewater samples
were irradiated for 300 min. Samples were withdrawn at different time intervals and were
centrifuged (Thermo Scientific, HERAUS Megafuge 8, Shanghai, China; 4400 rpm) for
20 min for the separation of the catalyst particles. The samples were filtered by 0.45 µm
filters before extraction.

3.4.2. Laboratory-Scale Pilot Plant

Photocatalytic experiments were carried out also in a laboratory-scale pilot reactor
(Ecosystem S.A., Barcelona, Spain) composed of a stainless-steel reactor of total volume
46 L equipped with ten UVA lamps (Philips PL-L 36W. UVA radiation 8.5W, UVA range
340–400 nm, λpeak = 375 nm) and quartz filters. A polypropylene recirculation tank of
a working volume between 55 L and 100 L was connected in series. Hence, the pilot
plant behaved as a plug-flow reactor where water is circulating using a circulation pump.
The experiment started with the addition of secondary effluent to the circulation tank
spiked with a mixed standard solution of target psychiatric drugs at a concentration of
250 ngL−1 (amisulpride, venlafaxine, O-desmethyl venlafaxine, clozapine, citalopram,
quetiapine, carbamazepine, bupropion, fluoxetine, and amitriptyline) following 15 min
of homogenization by mechanical stirrer. Then, 100 mgL−1 of catalyst was added and for
ensuring homogenization, the suspension was mechanically stirred in the dark for 15 min
followed by recirculation for 30 min before exposure to light. The wastewater samples
were irradiated for 360 min. Samples were withdrawn at different time intervals and were
centrifuged for 20 min for the separation of the catalyst particles. The samples were filtered
by 0.45 µm filters.

3.5. Extraction of Wastewater Samples

Concentration levels of psychiatric drugs in the raw and treated samples were deter-
mined using Ultra-High-Performance Liquid Chromatography-Orbitrap-Mass Spectrome-
try (UHPLC-Orbitrap-MS), after the Solid-Phase Extraction (SPE) procedure. The Oasis
HLB (200 mg, 6 cm3) cartridges were selected for the determination of the target analytes.
After the filtration of the samples, the pH value was regulated to ~7. An appropriate
volume of 5% Na2EDTA solution was added (final concentration of 0.1% in the sample).
The samples were spiked with the appropriate volume of internal standard mixture. The
preconditioning of the cartridges was performed with 5 mL of LC-MC-grade methanol
and 5 mL of LC-MS-grade water and then the samples were loaded into the cartridges
and percolated with a flow rate of 6 mL/min. After the extraction, the cartridges were
washed with 5 mL of LC-MS-grade water and dried for 20 min. Elution of the analytes was
performed twice with 5 mL of LC-MS-grade methanol at 1 mL/min and the extracts were
evaporated to dryness under a gentle stream of nitrogen by means of a Techne Dri-Block
heater Model DB-3D. The final step was the reconstitution, which was performed with
500 µL of methanol: water 20:80 (v/v) with 0.1% formic acid, and the samples were stored
at −20 ◦C until analysis.

3.6. LTQ-FT Orbitrap Instrument Operational Parameters

The analysis of the samples was performed by a UHPLC Accela LC system, connected
with a hybrid LTQ-FT Orbitrap XL 2.5.5 SP1 mass spectrometer, equipped with an electro-
spray ionization source (ESI) (Thermo Fisher Scientific, Inc., GmbH, Bremen, Germany)
as reported in our previous work. Identification and quantification of pharmaceuticals
were acquired using full scan mode in positive and negative ionization. Collision-induced
dissociation (CID) was performed for the data-dependent acquisition (full MS/dd-MS2)
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and the mass tolerance window was set to 5 ppm. To process the data, Thermo Xcalibur 2.1
software (Thermo Electron, San Jose, CA, USA) was used. Chromatographic separation
was performed on a reversed phase Hypersil Gold C18 (Thermo Fisher Scientific) analytical
column (100 × 2.1 mm, 1.9 µm). In positive ionization (PI), two mobile phases, A: 0.1%
formic acid in LC-MS-grade water, and B: 0.1% formic acid in LC-MS-grade methanol, were
used. In negative ionization (NI), LC-MS-grade water and LC-MS-grade methanol were
used as mobile phases A and B, respectively. The elution gradient in PI started at 95% A
and remained for 1 min, progressed to 30% in 3 min, and then to 0% in 6 min and returned
to 95% A after 3 min with re-equilibration of the column set at 1 min. The elution gradient
in NI started with 90% A, remained for 0.5 min, progressed to 30% in 2 min, reached 10%
in 3 min, decreased to 5% at 3.9 min, decreased to 0% at 4.5 min, and remained for 0.5 min.
After 1 min, it returned to 90% A with re-equilibration of the column set at 2 min. The total
run time for PI and NI was 10 and 8 min, respectively. In both cases, the injection volume
was 20 µL and the flow rate was 0.4 mL/min. The oven temperature was maintained at
27 ◦C.

4. Conclusions

The results of the present study point out that heterogeneous photocatalysis using
g-C3N4 catalysts is an effective treatment process for the elimination of psychiatric drugs
from real hospital effluent wastewater samples. The photocatalytic pattern of the targeted
compounds followed the pseudo-first-order kinetics. 1MoS2/g-C3N4 presented higher
photocatalytic performance than g-C3N4 in all experiments. All psychiatric drugs after
the photocatalytic process were removed in percentages higher than 30% and 54% using
g-C3N4 and 1MSCN, respectively. Five psychiatric compounds (amisulpride, venlafaxine,
O-desmethyl venlafaxine, and quetiapine) were detected in inherent concentrations higher
than LOQ, whereas fluoxetine was found in trace levels. Six transformation products were
identified during the photocatalytic treatment; however, all of them were totally degraded
at the end of the treatment.

Future studies should focus on the reuse of the catalyst and the monitoring of the
toxicity along the treatment, as well as on the effective separation of the catalyst and its
application on a larger pilot scale using natural solar irradiation.
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Abstract: Nowadays, biochar is being studied to a great degree because of its potential for carbon
sequestration, soil improvement, climate change mitigation, catalysis, wastewater treatment, en-
ergy storage, and waste management. The present review emphasizes on the utilization of biochar
and biochar-based nanocomposites to play a key role in decontaminating dyes from wastewa-
ter. Numerous trials are underway to synthesize functionalized, surface engineered biochar-based
nanocomposites that can sufficiently remove dye-contaminated wastewater. The removal of dyes
from wastewater via natural and modified biochar follows numerous mechanisms such as precipita-
tion, surface complexation, ion exchange, cation–π interactions, and electrostatic attraction. Further,
biochar production and modification promote good adsorption capacity for dye removal owing to the
properties tailored from the production stage and linked with specific adsorption mechanisms such as
hydrophobic and electrostatic interactions. Meanwhile, a framework for artificial neural networking
and machine learning to model the dye removal efficiency of biochar from wastewater is proposed
even though such studies are still in their infancy stage. The present review article recommends that
smart technologies for modelling and forecasting the potential of such modification of biochar should
be included for their proper applications.

Keywords: post-processing modification; surface-engineered biochar; dye removal; machine learning;
artificial neural network

1. Introduction

Unprecedented rising globalization, industrialization, urbanization, and anthropogenic
human activities have led to a worldwide shortage of clean water [1–3]. In this re-
gard, wastewater contaminated by water-soluble dyes is one of the prime environmental
issues [4–6]. Nowadays, numerous dyes and additives are being utilized enormously in
industrial applications such as textile, paper, printing, paint, laundry, cosmetics, carpet,
leather, food, and rubber [4]. Globally, more than 10,000 different types of natural and
synthetic dyes are produced annually, weighing in the range of 7 × 105–1 × 106 tons [7].
The chemical complexity, stability, and poor biodegradability of these dye-contaminated
wastewaters are of prime concern and continue to limit the clean water resources available.
The rising demand for dyes is simultaneously leading to the malefactors of inadvertent
discharge of dye-contaminated wastewater into water streams; it directly affects the life
of aquatic flora and fauna along with the food chain and is indirectly deleterious to hu-
man health [8–10]. Henceforth, it is highly significant to develop sustainable remediation
solutions to remove soluble dyes and other contaminants from water.

It typically costs about $1 billion annually to treat 640 million m3 of textile and dyeing
wastewater [11]. Several conventional dye-contaminated wastewater treatment technolo-
gies are used for dye removal from effluents, such as chemisorption, electrochemical
oxidation, ozonation, ion exchange, membrane filtration, anaerobic lagoons, sedimenta-
tion, oxidation ponds, coagulation flocculation, photocatalytic degradation, and gamma
irradiation [4,11–13]. Among these treatments, adsorption is one of the most sustainable
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and cost-effective techniques because other technologies require a lot of chemicals, high
energy, and are not cost effective. Carbonaceous materials possessing a high specific
surface area (SSA) are widely used as adsorbing agents in wastewater treatment for dye
removal [14,15]. Inexpensive adsorbents, preferably derived from natural materials and
industrial wastes/by-products, such as biochar, cellulose, aerogels, activated charcoal,
bentonite, fly ash, and silica, can be utilized for wastewater treatment [16–20].

Biochar (BC) is a highly stable carbonaceous material that is aromatized and amor-
phous in nature. It is usually formed after thermochemical conversion of organic matter
and wastes at temperatures of 350–750 ◦C under limited oxygen conditions [21–23]. Its
high SSA, pore volume, hydrophobicity, etc., enable its use as an efficient biomaterial for
carbon sequestration, soil improvement, climate change mitigation, catalysis, wastewater
treatment, energy storage, and waste management [4]. In addition, it has been well recog-
nized as a potentially highly efficient, low-cost, and eco-friendly adsorbent for the removal
of organic and inorganic pollutants, particularly heavy metals and dyes from wastewater.

The physicochemical properties and primary composition of BC are considerably
altered according to the biomass feedstock, carbonization procedure, degree of pyrolysis,
activation, and functionalization techniques [23]. Indulging in modification techniques,
BC depicts multiscale porous structures, extensive surface functional groups, and high
surface areas, utilizing various organic feedstocks. In addition, inherent functional sites
(hydroquinone, defects, etc.) and minerals (silica, transition metals) add BC as a promising
ingredient to tailor heterojunctions/composites. The facile metal impregnation, gas acti-
vation, sulfonation, and ionic liquid grafting of BC enable many advantages in catalytic
processes owing to enhanced accessibility to active sites, excellent π–π interactions, high
active surface area, and enhanced charge transfer [24].

In this review, we focused on surface modification and alteration of BC to enhance the
efficiency of dye removal from wastewater. A network visualization of terms associated
with biochar and dye with a minimum number of 10 occurrences of 3589 associated
keywords is represented in Figure 1 (assessed 30 June 2022). It represents the current
trends in research related to the application of biochar in association with dye in the
Web of Science. Here, the various colors of the nodes represent different clusters, while
the size of each bubble depicts its frequency of occurrence. A literature review of BC
reports that thermochemical conversion often exhibits low reactivity and selectivity for
dye removal [25]. To eliminate these limitations, BC is tailored via numerous techniques to
achieve the desired selectivity and reactivity to enhance surface sites and hydrophobicity
for regulating the dye removal kinetics [26–28]. Factors affecting BC properties and various
post-processing modifications, functionalization, and BC activation for dye removal are
included. Literature review reports on surface modification of BC for dye removal are very
scarce. The application of smart digital technologies such as machine learning and artificial
neural networks (ANN) is also covered to further enhance dye removal via BC.
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2. Biochar
2.1. Production of Biochar

Various methods have been employed for BC production, such as combustion, tor-
refaction, gasification, and pyrolysis (slow and fast types) [29]. Each method results in a
different char yield and carbon level. These processes differ based on temperature, char
yield, heating rate, feedstock residence time, and carbon content and yield. Earlier, combus-
tion was used to produce charcoal from woody biomass; however, it resulted in low yields
and extreme air pollution. With time, the advancement in technology (endothermic and
exothermic processes) allows the maximum energy extraction from organic matter. Com-
bustion and gasification generate heat and gas, respectively, by thermally decomposing
organic matter in an oxic environment [30]. However, these processes are less effective and
satisfactory in decreasing emissions while meeting energy requirements. On the other hand,
pyrolysis is the most common, oldest, and the most effective process for meeting energy
requirements and reducing emissions. Figure 2 depicts the mechanism of BC formation
from cellulose, hemicellulose, and lignin [31]. Pyrolysis leads to the production of BC
(solid), bio-oil (liquid), and syngas (gas). The generated by-products can also be utilized as
energy substances to meet the energy crisis.
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Figure 2. Mechanism of biochar formation from cellulose, hemicellulose, and lignin.

Here, pyrolysis can be classified into slow, intermediate, and fast pyrolysis in accor-
dance with the heating rate, temperature, pressure, and residence time [23]. For high yield
of BC, slow pyrolysis should meet heating rate of 0.1–1 ◦C min−1, whereas fast pyrolysis
and high temperature can result in generation of more liquid and syngas. In addition, the
mass fraction range of pyrolysis solid increases with increasing temperature. In case of
intermediate pyrolysis where the conditions are between slow and fast pyrolysis, there is a
balance yield of BC and bio-oil yield, but it is rarely approved from a BC production per-
spective [32,33]. Further, the properties of BC depend on numerous factors and parameters
such as pyrolysis temperature and type of feedstock.

Some conceivable approaches for more efficient BC production are proposed as follows:
(i) improving energy efficiency via utilization of batch reactors through continuous feeding
pyrolyzers; (ii) enhancing energy efficiency and BC yield using exothermic operation;
(iii) tuning the BC properties (texture feature and surface chemistry) by adjusting the
operating conditions; (iv) improving process economics and reducing pollutant emissions;
(v) exploring new biomass-based feedstocks [34].

2.2. Characteristics of Biochar
2.2.1. Physical Properties

The physical properties of BC are directly dependent on the biomass feedstock
and pyrolysis conditions, including biomass pre-treatment and handling. In particular,
the attrition, crack formation, and microstructural rearrangement generated under differ-
ent pyrolysis conditions change the native structure of the biomass feedstock to varying
degrees [34]. As the pyrolysis process progresses, the biomass feedstock is reduced, con-
verting macropores into mesopores and micropores. The ideal BC physical structure can
be enhanced by increasing the pyrolysis temperatures to the point where deformation oc-
curs [35]. Thermal decomposition of organic materials begins at >120 ◦C. More specifically,
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hemicellulose, cellulose, and lignin decompose at 200–260 ◦C, 240–350 ◦C, and 280–500 ◦C,
respectively.

Nano and Macroporosity

The pore size distribution is one of the most important physical properties. Macropores
(>50 nm), mesopores (2–50 nm), and micropores (<2 nm) constitute the total pore volume
of BC. Here, micropores are the prime contributors to the BC surface area and are also
responsible for efficient adsorbents, whereas mesopores play a noteworthy role in the
liquid–solid adsorption process [24,34]. Further, micropores are amended via prolonging
pyrolysis at higher temperatures which simultaneously release the volatile content of the
feedstock along with the creation of numerous pores. Slow pyrolysis enhances the porosity
of BC via slow decomposition of lignin content. The surface area of BC increases quickly
when the pyrolysis temperature exceeds >400 ◦C, owing to thermal condensation of the
biomass feedstock and micropore formation [35]. Biomass possessing aromatic lignin cores,
aliphatic alkyl, and ester groups produces a higher surface area when pyrolyzed at higher
temperatures.

Particle Size Distribution

BC particle size is determined by biomass rigidity against shrinkage and slow destruc-
tion during the pyrolysis process. Usually, the BC particle sizes are smaller compared to
the un-pyrolyzed biomass. However, agglomeration may occur during pyrolysis, resulting
in BC with a larger particle size [34]. Post-mechanical stresses may also occur, crumbling
BC more susceptible than the original biomass. Slow pyrolysis (5–30 ◦C/min) results in a
smaller size of BC. BC particle size has an inverse correlation with reaction temperature.
For instance, an increase in reaction temperature (450 ◦C to 700 ◦C) results in the formation
of smaller size particles [23]. This could be due to the augmented susceptibility to attrition
because of the lower biomass/BC tensile strength [36].

Density

Apparent/bulk/solid density can be evaluated relating to determining the physical
properties of BC. Usually, there is an antagonistic relationship between bulk density and
solid density. In general, the solid density of BC is higher than that of the original biomass
as a result of the release of volatile and condensable compounds and the formation of
graphitic crystallites [34,36]. In contrast, BC has a lower bulk density compared to wood
precursor owing to biomass drying and carbonization.

Mechanical Strength

This property correlates directly with density and inversely with porosity. Few studies
have reported the evaluation of mechanical strength of BC [37]. In comparison to the
virgin wood, monolithic carbonized wood BC has lower stiffness (37%) and higher strength
(28%). Here, both the reduced modulus and hardness of pyrolyzed wood BC incessantly
increases with increasing temperature (between 700 and 2000 ◦C) [38]. A negative effect on
these properties follows with a further increase in the pyrolysis temperature. In addition,
compared to harder native woods (low ash and high lignin content), fruit stones/pits
and nutshells are more appreciated for BC production depicting admirable mechanical
properties [34]. Further, it was found that the pyrolytic temperature is more dominant than
the residence time in determining the mechanical properties of BC.

2.2.2. Chemical Properties

BC properties depend on the biomass type and pyrolysis temperature. In fact, data
on synthesis techniques can be used to predict the properties and functions of BC [39]. In
general, with a surge in pyrolysis temperature, BC yield declines exponentially while BC
alkalinity (pH) displays a linear rise [34,39]. The increase in pH can be ascribed to thermal
decomposition of hydroxyl groups and other weak bonds within the BC structure at high
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temperatures. In comparison, due to the removal of acidic functional groups, the cation
exchange capacity of BC is inversely proportional to the pyrolysis temperature [34,39]. BC
derived from biosolids display the highest cation exchange capacity due to the presence of
minerals (P, Mg, Ca, Na, and K) in the biosolids, which encourage the generation of oxygen-
containing functional groups on the surface of BC [40]. Unlike ash, the volatile matter
content of BC decreases linearly with increasing pyrolysis temperature. Ash formation
is due to inorganic minerals remaining following the decomposition of H, O, and C of
biomass [39]. The destruction of hydroxyl, azanide, and other weakly bonded groups
results in the reduction of these elements with increasing temperature. However, the C
content gradually declines, resulting in a higher C content in the BC at the enhanced
pyrolysis temperatures [39].

2.2.3. Microchemical Characteristics

BC microchemical properties can influence its superficial sorption characteristics. The
microchemical properties vary significantly depending on the nature and composition
of solid phase, entrapped oils and their arrangement, and indicate the electrochemical
properties and functional groups on the BC surface [34,41]. Dried biomass pyrolysis is
activated by hemolytic cleavage of covalent bonds to release free radicals and structural
O [41]. In the initial phases of pyrolysis, free radicals are generated from low atmospheric
O2 levels [34,40,41]. This process proceeds with the formation of carboxyl and carbonyl
groups, followed by their cleavage into CO2 and CO. Finally, BC residues are produced
from free radical fragments that recombine with the substrate in various ways [41].

2.2.4. Organo-Chemical Characteristics

In general, the H-to-C ratio declines from ∼1.5 to ≤0.5 in lignocellulosic biomass
with pyrolysis temperatures of >400 ◦C. This reduction in the H-to-C ratio could be due to
changes in the elemental (N, O, H, and C) content during thermal decomposition of the
biomass. O-to-C and H-to-C ratios (displaying the degree of aromaticity and maturation)
in BC decrease at higher reaction temperatures [23,34]. Burnt peat displayed an H-to-C
ratio of 1.3 when the maximum C content was either associated through a hydroxyl group
or directly bonded to a proton. If the H-to-C ratio drops to 0.4–0.6, it indicates that every
second to third C is associated with a proton [34].

2.3. Factors Influencing Biochar Sorption Efficiency

BC is a carbonaceous material derived via biomass thermal conversion (pyrolysis,
gasification, hydrothermal carbonization, and torrefaction) under oxygen-limited condi-
tions [4]. Typically, cellulose (40–60%), hemicellulose (20–40%), and lignin (10–25%) are
included within biomass [5]. Biomass structural building blocks undergo a sequence of
reactions during thermal decomposition, such as dehydration, de-polymerization, rear-
rangement, re-polymerization, condensation, and carbonization at various temperatures,
producing BC, bio-oil, and syngas [22]. Based on the feedstock, the desired product and its
application vary. Biomass characteristics include elemental composition, size, and ash min-
eral content, whereas thermal conditions include temperature, heating rate, pressure, and
residence time [11,23]. Several parameters affect BC performance during adsorption. BC
physisorption isotherm characteristics govern properties such as morphological structure
and reactivity depending on pyrolytic conditions.

2.3.1. Temperature

Reaction temperature plays a vital role in the process and reaction rate. Huang
et al. [42] suggested that the adsorption is chemical rather than physical when the equi-
librium temperature does not significantly affect the adsorption process. Based on the
pore size, adsorbent materials of various sizes are grouped into micropores, mesopores,
and macropores, which are highly dependent upon the production conditions of BC. BC
produced by pyrolysis at high temperatures contains high micropore volumes ranging
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from 50% to 70% of the total pores. Adsorption of contaminants by BC is an endothermic
process and the adsorption capacity increases with increasing temperature.

An experimental study was conducted by Tan et al. [43] on Cu (II) adsorption and
textile dye adsorption into food waste BC, and thermodynamics parameters were calculated.
In both cases, the heat of reaction was positive and Gibbs’s free energy was negative.
According to Ambaye et al. [44], as the reaction temperature increases, the BC surface area
increases as the amount of oxygen-containing functional groups on the surface decreases.
Wu et al. [45] used litchi peel biomass and increased the activated temperature from 650 ◦C
to 850 ◦C, which ultimately increased the surface area from 531 m2 g−1 to 1006 m2 g−1 and
the pore volume from 0.328 cm−1 g−1 to 0.588 cm−1 g−1.

One experimental setup was carried out by Qambrani et al. [46] to perceive the effect of
temperature on BC yield and quality. The yield, total nitrogen and organic carbon content,
and cation exchange capacity values were found to decrease with increasing pyrolysis
temperature. Therefore, low temperatures are highly recommended for BC production
from poultry litter. This condition applies analogously to the condition for BC obtained
from vegetative materials.

2.3.2. Solution pH

Solution pH plays a vital role in controlling the surface charge of the adsorbent and
the degree of ionization of adsorbate [47]. At high pH, a negative charge exists on the
surface with deprotonation of the phenolic and carboxylic groups. At low pH, basic
functional groups become protonated and positively charged, promoting adsorption of
anions. Adsorption by BC is known to be a function of pH, medium, and deprotonation of
functional groups [48]. The pH at the zero-point change is the point at which the net charge
on the surface of any adsorbent in solution becomes neutral. At this point, pH highly affects
the adsorption efficiency of the BC active surface by providing active functional groups
for a charged solution. Therefore, increasing the pH of a solution containing BC leads to a
negative potential by increasing the negative charge on the BC surface [49].

Qiu et al. [50] reported that the positive charge on activated carbon at pH 3.0 was
higher than at pH 6.5. In contrast, the negative charge on BC was more negative at
pH 6.5. Therefore, BC was more efficient than activated carbon at adsorbing dyes from
solution. Similarly, the effect of pH on methylene blue dye adsorption was studied at
various pH (2–10) [51]. As the pH increases, the number of positively charged sites
decreases, increasing methylene blue adsorption. Although the high adsorption of the
methylene blue is favorable in alkaline solution, the adsorption did not change when
the pH of the solution increased. They observed a maximum dye adsorption (69.07%)
at pH 4 [51]. Lin et al. [52] tested the microalgae derivative BC to remove dye and found
that the higher the pH of the aqueous solution, the greater the adsorption capacity of
positively charged dyes with surface electrostatic attraction due to the negative potential
effects. Similarly, Huang et al. [53] studied the removal of organic dye using BC derived
from Spirulina platensis algae biomass residue. The maximum adsorption capacity was
obtained at the alkaline pH with an adsorbent dosage of 2000 mg/L and an initial dye
concentration of 90 mg/L.

2.3.3. Adsorbent Dosage

The adsorbent dosage greatly influences the sorbent-sorbate equilibrium in the ad-
sorption system. Due to the availability of more sorption sites, the removal efficiency of
organic and inorganic pollutants increases with increasing adsorbent dosage. When the
dosage rate is in excess, the adsorption capacity of BC decreases [48]. The reduction in
adsorption may be attributed to the overlap of adsorption sites which ultimately shield the
pores [48]. Moreover, at a lower dosage of adsorbent at a given initial dye concentration,
the ratio of dye to adsorbent molecules increases, leading to an increase in specific uptake.
In contrast, at a higher dosage of adsorbent, the availability of dye ions is insufficient for
adsorption to the sites [53].
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The effect of adsorbent dosage of BC derived from eucalyptus bark to remove methy-
lene blue dye from aqueous solution was studied [53]. They observed that the dye adsorp-
tion decreased from 56.8 to 25.5 (mg/g) as the adsorbent dosage was increased from 0.01 to
0.03 g. According to Zhang et al. [54], Congo red dye removal (82.2–83.6%) increased as the
adsorbent dosage was increased from 0.2 to 1 g/100 mL. Green BC composite was used for
methylene blue removal with adsorbent doses up to 2 g/L. It was found that the adsorption
performance decreases with increasing dosage, reducing the number of methylene blue
molecules per unit adsorbent [54].

2.3.4. Initial Dye Concentration

For an efficient and effective adsorption process, the initial concentration of adsorbate
plays a vital role. As the initial dye concentration increases, the percentage removal of
dye increases. The initial dye concentration provides the driving force to overcome the
mass transfer resistance of dye between the aqueous and solid phases [51]. According to
Chowdhury et al. [55], at high concentrations, all dye molecules in solution do not interact
with the binding sites of the adsorbent because the adsorbent has a limited number of
active binding sites that saturate at a certain concentration. Experimental work carried
out by Dawood et al. [56] found that the percentage of methylene blue removal decreased
from 80.5% to 36.8% as the initial concentration (10–100 mg/L) of the methylene blue
dye solution increased. Another experimental work was also carried out in which the
percentage removal of methylene blue dye drastically reduced from 85.93% to 41.40% with
increasing initial dye concentration (20 to 50 mg/L) [57].

2.3.5. Heating Rate

The heating rate is also one of the major factors affecting BC properties. According
to Xu and Chen [58], heating rates of <20 ◦C s−1 for BC production from pine sawdust
permitted the natural porosity of sawdust to be shifted to BC without significant structural
variations. In contrast, devolatilization occurred at a heating rate of 500 ◦C s−1, resulting in
deformation of the sawdust cell structure. Finally, lower pyrolysis temperature and lower
heating rate along with high residence time led to BC formation. Li et al. [59] produced BC
from lignin (heating rate of 10 ◦C min−1) and the abundance of -OH started to decrease
from 350 ◦C. They concluded that a lower heating rate with long residence time increased
the thermal stability of the -OH functional groups on the BC surface. BC carbon content
increased from 75.39% to 88.35%, 75.15% to 88.28%, and 77.13% to 89.70% at various heating
rates 5, 10, and 15 ◦C min−1, respectively. Li et al. [59] concluded that the smaller particle
size leads to a complete pyrolysis process, and the hydrogen, sulfur, and oxygen content
decreases with increasing temperature. With an upsurge in temperature, the H/C and O/C
atoms gradually decrease and BC becomes more carbonaceous and aromatic.

2.3.6. Particle Size

The rate of heat and mass transfer of particles and the degree of subordinate reactions
are significantly influenced by the particle size of the biomass. The particle size depends on
the process being carried out and the feedstock materials. Larger particle sizes (>1.8 mm)
have greater temperature gradients and thus provide higher BC in comparison with smaller
particle sizes [46]. An experiment was conducted with various particle sizes of wood, and it
was observed that maximum BC yield (28%) was attained with particle sizes 0.224–0.425 nm
at 500 ◦C and 223.15 ◦C min−1 heating rate in an inert environment [60]. Mechanical
properties such as mechanical strength, yield stress, and BC density are highly dependent
on biomass particle size. As a result of examining the effect of particle size on wood biomass,
it was found that wood BC produced from smaller particle sizes showed higher yield stress
and density compared to larger ones [61]. The smaller particle size is appropriate for fast
pyrolysis due to the uniform and effective heat transfer facilitating the release of volatiles.
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2.3.7. Feedstock Composition

Feedstock selections also greatly impact BC properties and elemental composition. It
affects various physical properties of BC, such as pH, pore structure, surface area, adsorp-
tion efficiency, and other chemical properties [34]. Compared to cellulose, hemicellulose,
lignin, and some organic compounds, a feedstock consisting of animal manure results in
higher BC nutrients. As the temperature increases, the volatile compounds in the biomass
decrease along with a decrease in the quantity of surface functional groups, but the sur-
face area and ash content of BC increase [23,24]. Feedstock materials are oxygen-rich and
hydrogen-deprived, for example, sugars are non-graphitizing and create robust cross-
linked arrangements that immobilize the structure and tie the crystallites into a stiff mass.
The various carbon and nitrogen contents in char produced from plant-derived biomass
were found to be increased relative to biomass. However, the use of mineral-rich feedstock
(manure) may reduce it [62].

2.4. Mechanisms of Dye Adsorption

The enhanced performance of BC (without activation) can be due to oxygen con-
taining surface functional groups and other inorganic components that play a significant
role in dye adsorption instead of only surface area and porosity. BC inorganic elements
upsurge the hydrophilicity towards dyes and act as catalysts during the adsorption pro-
cess [63]. However, BC activation, surface area, and surface alkalinity can also influence
adsorption capacity. Figure 3 represents the adsorption process and mechanism for dye
removal from wastewater. Specific adsorption mechanisms include (i) physical adsorp-
tion, (ii) ion exchange; (iii) electrostatic interactions; (iv) precipitation; and (v) surface
complexation [34,35]. However, the pollutant removal process always works in conjunction
with numerous mechanisms.

2.4.1. Physical Adsorption

Dye adsorption onto the BC surface primarily occurs via physical interactions such as
pore filling, π stacking, and H-bonding. However, BC surface area, porosity, and aromaticity
influence the physical adsorption. The enhanced surface area and pore volume favor the
diffusion of contaminants [64]. The aromatic structure of BC is promising for forming
π-stacking and H-bond interactions with pollutants [65]. The pore filling, π–π interactions,
and H bonding between BC and dye can be improved via post-modification of BC. For
example, pore filling is an illustrative of physical adsorption and can be accredited to
a widespread distribution of pores via BC [66]. Hydroxyl and amine groups can be an
advantage for π–π interactions due to electron-deficient functional groups on the surface of
cationic dyes [7]. For instance, cationic dyes H-bonding of O and/or N center generated
free hydroxyl groups on the surface of sulfur-doped tapioca peel waste BC [67], whereas
fly ash and agricultural waste-derived BC alkali-fusing with O-containing surface groups
resulted in H-bonding [68]. The generation of H-bonds between acid orange 7 dye and the
adsorbent accounts for the adsorption process [69]. Siddiqui et al. reported the H-bonds
between methylene blue and MnO2/BC occurs due to the interaction between the -OH
groups present in MnO2/BC and the acceptor present in the methylene blue molecules [70].
Likewise, π–π interactions/π-effects/π-interactions (non-covalent) involve the π system,
where positively charged molecules interact with negatively charged surfaces, similar to
electrostatic interactions [34].

2.4.2. Ion Exchange

Dye adsorption on the BC surface occurs via exchange of metal ions/mineral elements
or replacement of BC functional groups [64]. Furthermore, the ion exchange mechanism
involves ion exchange between a liquid (dye solution) and a solid phase (adsorbent).
Pirbazari et al. suggested that two principal mechanisms are involved in the removal
of methylene blue dye on NaOH-treated wheat straw impregnated with Fe3O4, namely,
surface complex formation and ion exchange between the dye molecules and adsorption
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surfaces [71]. According to Zheng et al., the adsorption of anionic dyes such as Congo
red and methyl orange on graphene oxide-NiFe layered double hydroxide is achieved by
electrostatic attraction and ion exchange phenomena [72].

2.4.3. Electrostatic Attraction

Synthetic dyes are categorized into cationic and anionic dyes. Malachite green, methy-
lene blue, and rhodamine B are examples of cationic dyes [73], and tartrazine, sunset yellow,
Congo red, and orange G are examples of anionic dyes [74]. Knowledge of dye classification
aid in choosing the accurate adsorbent as a positively charged adsorbent is effective in
removing negatively charged dyes due to electrostatic interactions [74]. An electrostatic at-
traction occurs between the dye and BC surface when the surface charges are opposite [75].
Electrostatic interaction is one of the prime adsorption mechanisms for the adsorption of
synthetic dyes on BC and can influence the adsorption rate. For instance, BC derived from
litchi peel was assessed for adsorption of anionic and cationic dyes. The adsorption capacity
was 404.4 and 2468 mg g−1, respectively [45]. However, other adsorption mechanisms
were also involved in the adsorption, and since the dye and BC both have opposite charges,
the dye adsorption significantly occurred via electrostatic interactions [45]. Several BCs
were designed for cationic and anionic dyes that fit either pseudo-second order or Elovich
kinetic models, where both are indicative of electrostatic interactions and chemisorption.
Shen and Gondal reported that electrostatic and intermolecular interactions govern the
adsorption of rhodamine dye on adsorbent surfaces [76].
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3. Post-Production Modification of Biochar for Dye Removal

Biomass breaks down thermally in an oxygen-limited environment to generate BCs
composed of numerous refractory oxides based on the feedstocks such as CaCO3, Fe2O3,
SiO2, Al2O3, and CaSO4 [78]. Moreover, pristine BC surfaces are generally negatively
charged and linked with oxygen-bearing functional groups, thus displaying specific ad-
sorption towards cations (e.g., heavy metals ions) [79]. However, adsorption of anionic
species (i.e., oxyanion, anionic dyes, and organics) of BC is inadequate [80]. This restricts
BC applications in various fields, instigating scientists to introduce novel metal oxides to
alter BC for targeted applications [81]. Table 1 enlists few literatures available onto the
treatment of dye-contaminated wastewater using BC and its nanocomposites. Table 1 enlist
some literature available on the BC utilization for dye removal from wastewater.

Table 1. Literature summary on modified biochar for dye removal.

Synthetic Dye
Biochar Adsorption

Capacity
Conditions

Adsorption Mechanism Reference
Feedstock Method of Production

Congo red

Litchi peel BC Hydrothermal carbonization 404.4 mg g−1

Pore filling effect
π–π interaction

Electrostatic interaction
Hydrogen bonding

[45]

Orange peel waste Microwave pyrolysis using CO2
and steam activation 136 mg g−1 Electrostatic interaction [82]

Switchgrass Pyrolysis (900 ◦C) 22.6 mg g−1 Electrostatic interaction
π–π interaction [83]

Acid violet 17 Pine tree-derived BC - 90% Electrostatic interactions [84]

Malachite green

Cladodes of cactus
(Opuntia ficus-indica)

Pyrolysis at 400 ◦C followed by
NaOH impregnation, pyrolysis at

500 ◦C and rinsing with HCl
1341 mg g−1

Π–π EDA interaction
Cation-π interaction
Hydrogen bonding

[85]

Corn straw

HNO3 treatment, followed by
washing with distilled water and

drying. Then, NaOH activation and
drying, followed by pyrolysis at

500 ◦C and FeCl3 modification by
precipitation technique

515.8 mg g−1 Electrostatic attraction [86]

Frass of mealworms
(Tenebrio molitor
Linnaeus 1758)

Pyrolysis at 800 ◦C 1738.6 mg g−1
Electrostatic interaction

π–π interaction
Hydrogen bonding

[87]

Litchi peel BC Hydrothermal carbonization at
850 ◦C 2468 mg g−1

Pore filling effect
π–π interaction

Electrostatic interaction
Hydrogen bonding

[45]

Tapioca peel waste

Pyrolysis of feedstock, then mixing
with thiourea and followed by

pyrolysis at 800 ◦C to create
sulfur-doped BC

30.2 mg g−1 Electrostatic interaction
Hydrogen bonding [67]

Wakame
(macroalgae)

Chemical activation with KOH
followed by pyrolysis at 800 ◦C 4066.9 mg g−1

Electrostatic interaction
π–π stacking

Hydrogen bonding
van der Waals force

[88]

Methylene blue

Macroalgae
(Undaria pinnatifida)

Chemical activation with KOH
followed by pyrolysis at 800 ◦C 841.6 mg g−1

Electrostatic interaction
π–π interaction

Hydrogen bonding and
van der Waals force

[88]

Rice straw and fly
ash

Alkali-fusion pre-treatment of fly
ash with NaOH, followed by
mixing with rice straw and

pyrolysis at 700 ◦C

143.8 mg g−1 Electrostatic interaction
π–π interaction [68]

Orange G Switchgrass Pyrolysis at 900 ◦C 38.2 mg g−1 Electrostatic interaction
π–π interaction [83]

193



Catalysts 2022, 12, 817

Table 1. Cont.

Synthetic Dye
Biochar Adsorption

Capacity
Conditions

Adsorption Mechanism Reference
Feedstock Method of Production

Rhodamine B

Macroalgae
(Undaria pinnatifida)

Chemical activation with KOH
followed by pyrolysis at 800 ◦C 533.8 mg g−1

Electrostatic interaction
π–π interaction

Hydrogen bonding
van der Waals force

[88]

Tapioca peel waste

Pyrolysis of feedstock, then mixing
with thiourea and followed by

pyrolysis at 800 ◦C to create
sulfur-doped BC

33.1 mg g−1 Electrostatic interaction
Hydrogen bonding [67]

Sunset yellow/
Tartrazine Corncob

Pyrolysis at 400 ◦C followed by
mixing with triethylenetetramine,
drying and H2SO4 treatment to
achieve a positively charged BC

77.1 mg g−1
Amine groups on the

surface
Electrostatic interaction

[74]

Additionally, conventional pyrolysis generates BC with inefficient physicochemical
properties such as surface area, surface-oxygenated groups, pore volume, and width.
Different feedstock types have different BC production conditions and physicochemical
properties [89]. However, the existing -COOH, -OH, and C=O functional groups are cru-
cial in water treatment [90]. The hydrophilic or hydrophobic properties depend on the
functional groups (nature and type) present on the BC surface. Various methods such as
impregnation, steam activation, and chemical and heat treatments have been utilized to
improve the abundant BC properties [91]. In the presence of other catalysts, BC acts as a
photocatalyst due to the physicochemical properties (enhanced surface area, active site,
charge separation, porous volume, functional groups, catalyzing ability, stability, and re-
coverability) [92]. However, photocatalyst-based BC production needs to be optimized [93].
For instance, the addition of ZnO to BC improves the nanocomposite adsorption capability
and photocatalytic ability [94]. Figure 4 shows various modification and classification of
engineered BC for the dye removal from wastewater.
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Post-modification can be categorized into the following groups: (i) modifications to
surge surface area and porosity; (ii) changes to decrease the positively charged BC surface;
(iii) increase surface oxygen-containing functional groups; and (iv) magnetization of BC to
enable recovery. Among all categories, any method can improve one or two BC properties
simultaneously. For instance, the SSA and oxygen-containing functional groups can be
increased by H2SO4 treatment. In the literature, these modifications are classified based
on BC physicochemical characteristics or the nature of the process (chemical, physical,
or composite) [95,96].

Furthermore, physical (van der Waals forces, electrostatic forces, and hydropho-
bic interactions) and chemical (surface complexation, ion exchange, π-interactions, co-
precipitation, partition, and pore filling) interactions occur during adsorption of organic
and inorganic pollutants by BC [97].

3.1. Acid-Base Activation/Decoration

Acid treatment of BC results in enhanced surface area, better porosity, increased
sorption capacity, created charged and hydrophilic surface functional groups, and increased
colloidal stability and mobility [98]. After BC oxidation, -OH and -COOH functional groups
are enhanced to improve hydrophilicity. Acids such as HNO3/H2SO4, HNO3, HF/HNO3,
KMnO4, H2O2, oxalic, and citric acids are used for chemical modification of BC [99].

One of the approaches for the modification of BC is HCl treatment resulting in higher
adsorption of concomitant organic compounds. This is because functional groups (car-
boxylic, phenolic, and carbonyl groups) are added to the BC surface after treatment, the
ash content is reduced, and the adsorption sites (hydrophobic) are increased [100,101].
However, this method is not well established for BC modification and more studies are
needed to be performed [102].

The use of strong bases for BC modification increases functional groups, surface
area, surface charge, and porosity [103]. However, the degree of improvement in BC
properties varies depending on the base used. Frequently used bases include potassium
oxide (KOH) and sodium hydroxide (NaOH) [104,105]. Few studies showed that the
BC surface is significantly improved when using NaOH rather than KOH. For instance,
Cazetta et al. [106] reported a better improvement in the surface area (49%) of coconut shell-
derived BCs when using NaOH. Wakame-derived BC showed a surface area of 69.7 m2 g−1

and 1156 m2 g−1 for non-activated BC and KOH-activated BC, respectively [88]. Similarly,
the BC surface area derived from rice husk improved from 132.9 m2 g−1 for non-activated
BC to 1818 m2 g−1 for KOH-activated BC [107]. BC activation by KOH and KMnO4 results
in large pore volume, pore channels, and percentage of aromatized structures, enhancing
the adsorption of methylene blue [108].

In general, modification of BC via acid is carried out in two ways: activation and
decoration. BC activation via chemical activating agent increases SSA and porous structure.
In contrast, decoration enhances the surface activity of BC via zero-valent iron nanoparti-
cles [109], Fe3O4, and FeOOH [110]. Studies have also shown that decoration using acids
and fatty acids increases the hydrophobicity of BC adsorbents [111,112].

3.2. Persulfate Activation

Lately, the activation of BC via persulfate (PS) has been extensively studied [113] owing
to the enhanced contaminant removal efficacy from water by the combination of PS radicals
with BC-SSA [114]. Studies have shown that the sulfate radical-based advanced oxidation
processes (AOP) have higher redox potentials, extended half-life time, and extensive pH
flexibility than traditional hydroxyl radical-based AOP. Liu et al. [115] studied food waste
digestate-derived BC (FWDB) for peroxydisulfate (PDS) catalyst (radical-based oxidant)
for the removal of azo dye (reactive brilliant red X-3B). They observed a 92.21% removal
of X-3B within 30 min from solution at an initial content of 1 g/L. The reactive oxygen
species SO4

•−, •OH, O2
•−, and 1O2 were found to be present in the FWDB/PDS system

and the generation of reactive oxygen species is due to the presence of graphitized carbon,
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doped-N, oxygen-containing groups, and the defective sites on the FWDB surface. One-
step sol–gel pyrolysis was used to synthesize CuFe2O4@BC composite (CuFe2O4@BC) and
assessed for the efficiency, stability, and mechanism of activating PS against malachite
green degradation [116]. The malachite green removal efficiency in the CuFe2O4@BC/PS
system was observed to be 98.9%, signifying that CuFe2O4@BC has better catalytic activity
compared to other catalysts under the optimal conditions.

A composite of stalk BC (SBC) and nanoscale zero-valent iron (nZVI) was biosynthe-
sized to remove dye. The composite displayed a synergetic role in enhancing PS catalytic
activity for dye removal [117]. SBC functional groups (-OH and -COOH) stimulated PS
and nZVI improved catalytic activity compared to SBC. SBC enhances catalytic activity
for PS and electron transfer efficiency by increasing nZVI dispersibility and protecting it
from oxidation. Studies have shown that superoxide radicals (O2

•−) and hydroxyl radicals
(•OH) play an important part in pollutant removal, but they are not primary radicals. The
primary radical involved in contaminant removal was sulfate radicals (SO4

•−). The SBC-
nZVI composite also displayed better reusability, storage stability, and various dye removal
applications [117]. One-step pyrolysis of loofah sponge-based BC (LSB) was prepared
at various pyrolytic temperatures. LSB was further used to activate PS to remove acid
orange 7 (AO7) [118]. The LSB produced at 800 ◦C showed the best catalytic ability for AO7
degradation, i.e., 96% degradation within 30 min [118]. The enhanced adsorption capability
of LSB is due to the high surface area, carbonyl groups, and graphitized structure. The
AO7 degradation mechanism in the LSB-800/PS process is owing to free radical SO4

•– and
non-radical channels (electron transfer).

3.3. Physical Activation

In this process, different gases (air, steam, and CO2) are used to activate the BC
surface [119]. In general, physical activation consists of two stages: carbonization (occurs
at lower temperatures of 427–877 ◦C) and activation (occurs at higher temperatures of
627–927 ◦C) [120]. BC activation can be carried out via steam or gas purging after BC
is carbonized. Although this process is simple and cost-effective, it is less efficient than
chemical activation approaches. BC physicochemical properties can be enhanced via
physical activation by eliminating incomplete combustion by-products and the carbon
surface oxidation to enhance BC surface area [121,122].

Pristine BC is activated by steam with improved polarity, surface area, and pore
volume [123]. After preliminary pyrolysis, BC was partially vaporized by steam for 0.5 and
3 h [124]. Steam activation improves BC growth and the reachability of internal pores [124].
During steam activation, pore development is primarily associated with water-gas shift
reaction, reduction of carbon [125], and elimination of trapped components (aldehydes,
ketones, and some acids from biomass) [126].

In the presence of heated steam, BC is activated and displays high adsorption ability
owing to improved surface area, oxygen-containing functional groups, and micropore
volume. This allows for efficient removal of pollutants from wastewater [127]. The porosity
of BC can be improved by physical activation at <250 ◦C in the presence of air or >750 ◦C
in the presence of CO2, steam, and blends. CO2 and H2O become reactive at high tem-
peratures, allowing chemical reaction with BC [128]. CO2 treatment increases the pore
volume and surface area of BC by 1.5-fold and 5.9-fold, respectively [129]. At low tempera-
tures (≈275 ◦C), the activation process with air increased the sewage sludge-derived BC
structure and texture [130]. Furthermore, Sewu et al. [131] observed an increase in BC SSA
and porosity via steam activation and significantly improved the crystal violet adsorption
capacity by 4.1-fold.

3.4. Biochar-Based Composites

BC-based composites allow for the combined advantages of BC and nanomaterials,
resulting in composites with enhanced functional groups, pore size and volume, active sur-
face sites, net surface charge, ease of recovery, and catalytic ability for degradation [132,133].

196



Catalysts 2022, 12, 817

These composites are divided into three groups according to the synthesis process: (i) nano-
metal oxide/hydroxide-BC composites, (ii) magnetic BC composites [80], (iii) clay mineral-
based BC [134].

3.4.1. Nano-Metal Oxide/Hydroxide-Biochar Composites

These composites have been synthesized via numerous chemical additives such as
H3PO4, NaCl, K2CO3, ZnCl2, KOH, and FeCl3, and can be incorporated prior or later
biomass carbonization [89]. According to Zhao et al. [135], the synthesis of nano-metal BC
composites can be divided into the following categories: (i) impregnation, categorized by
the ease and enormous capacity of the attained composites, (ii) chemical coprecipitation,
categorized by inexpensiveness, high purity, homogeneous nanoparticles, but both pro-
cess causes chemical contamination, (iii) direct pyrolysis, considered as easy process and
biomass supplemented with desired heavy metals; however, controlling the nano-metal
oxide/BC ratio in the composites is difficult, and (iv) ball milling, simple, cost-effective,
no generation of chemical pollutants, and efficient decrease of metal oxide particle size.
However, during particle preparation via ball milling, the particles are easily dispersed
in water, resulting in the migration of contaminants out of the polluted place, causing a
possible hazard to groundwater [135]. Figure 5 represents various pathways for synthesis
of nano-metal oxide/hydroxide-BC composites.
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Figure 5. Various pathways for synthesis of nano-metal oxide/hydroxide-biochar composites.
Reprinted with permission from [32].

Preparation of BC sample via ball milling surges SSA, possibly by revealing pores [136]
and enhances carboxyl, lactone, and hydroxyl groups (oxygen-containing functional
groups) [137]. Zheng et al. [138] synthesized a dual-function MgO/BC nanocomposite by
ball milling to remove both cationic and anionic contaminants and showed an increased
(8.4-fold) methylene blue adsorption, probably due to enhanced surface area and pore
volume. Synthesis of BC by co-pyrolysis from firwood biomass utilizing non-magnetic
goethite mineral proved to be a green method in comparison to the conventionally used
FeCl3 [139].
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Sludge-derived BC was modified via Fe/Mn by a heterogeneous activator to attain
enhanced PS activation to degrade reactive blue 19 (RB19) [140]. Experiments based on
scavenger quenching and electron paramagnetic resonance displayed that radical and
non-radical mechanisms are involved in the degradation of RB19 by Fe/MnBC combined
PS. Sulfate radicals (SO4

•−), hydroxyl radicals (OH•), and singlet oxygen (1O2) were found
to be involved in the process. It was also postulated that Fe(IV)/Mn(VII) (non-radical) was
involved in the degradation process. These results provided a new understanding of the
mechanism of PS activated by metal-BC composite. In addition, fixed-bed reactor studies
revealed that Fe/MnBC has significant PS activation capability to remove dyes. Further,
the authors analyzed degradation process by central composite design-response surface
methodology (CCD-RSM) and ANN. Statistical analysis showed that the ANN model was
better than the CCD-RSM model [140].

BC derived from pulp sludge was produced via ZnCl2 modification to effectively re-
move methylene blue (MB) from aqueous solutions [141]. The maximum (590.20 mg/g) ad-
sorption of MB was observed within 24 h at pH 8 when the initial amount of Zn2PT350-700
was 10 mg [141]. The primary mechanism involved in MB adsorption was electrostatic inter-
action between deprotonated functional groups and MB+, cation exchange, and π-electron
interactions followed by physical adsorption.

3.4.2. Magnetized Biochar Composites

Substantial studies have been conducted to enhance BC adsorption capacity. However,
the biggest limitation of BC is its removal and reuse after wastewater treatment owing to its
small size and low density [59]. Various studies of magnetic BC for successful production
have been reported [142], displaying impregnation-pyrolysis, chemical co-precipitation,
solvothermal, and reductive co-precipitation processes. It was observed that the composites
have a significantly efficient adsorption, easy removal and recycling after application of
an external magnetic field [143]. However, the conventional magnetic medium loading
process surges the sorbent cost [144]. The primary common processes of magnetic material
synthesis include pyrolysis, co-precipitation, and calcination [145]. Figure 6 shows a brief
schematic of different magnetic BC preparation.

Further, traditional heating in electric furnaces [146] and microwave heating in modi-
fied furnaces have also been studied. Among them, the co-precipitation method is easy
because mixing and heating processes are simple. It emphasizes the transition metal ion
molar ratios used in mixing to improve magnetic BC characteristics concerning porosity
and magnetism [145]. The co-precipitation process is used for BC surface coating with
various iron oxides such as Fe3O4, c-Fe2O3, and CoFe2O4 particles to impart magnetic
characteristics to the iron oxide active sites for the pollutant removal [147,148]. It was
observed that the high decomposition ability of additives such as AlCl3, FeCl2, and MgCl2
displays enhanced porosity, high catalytic and sorption activity, and creation of positively
charged adsorption sites [89,149].

Fe-tanned collagen fibers were pyrolyzed to synthesize magnetic BC catalyst (Fe@BC)
utilized as a persulfate activator to remove a refractory dye (methylene blue) [150]. Results
have shown that within 20 min, methylene blue was completely degraded at a constant
rate of 0.2246 min−1, much higher than when using pure BC (0.0497 min−1). The enhanced
catalytic activity and exceptional recycling ability of the Fe@BC/PS system can be attributed
to the homogeneously dispersed Fe ions, enhanced functional groups (oxygen containing),
and deformed carbon matrix. SO4

•− was found to be the primary free radical for the
degradation of methylene blue. Table 2 enlists literature on surface-modified BC and its
nanocomposites for dye removal from wastewater.
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Table 2. Surface-modified biochar and its nanocomposites for dye removal from wastewater.

S. No.
Surface-Modified

Biochar and Its
Nanocomposites

Dye Adsorption
Model

Maximum
Adsorption

Capacity (mg/g)
Mechanism Involved Reference

1. TiO2 supported BC 3,4-dimethylaniline Toth adsorption
models 285.71 - [151]

2. Layered double-oxide/BC
composites

Congo red Langmuir 344.83, - [152]
3. Methyl orange Langmuir 588.24 - [152]

4. CO2 and H2O activator
Pine sawdust BC Methylene blue Langmuir 160

Hydrogen bonding,
ion exchange, π–π

interaction
[153]

5.
Phosphomolybdate-

modified
BC

Methylene blue Langmuir 146.23

Hydrogen bonding,
electrostatic

interactions, and ion
exchange

[154]

6. Banana peel BC/iron
oxide composite Methylene blue Langmuir 862 - [54]

7.
Mixed municipal

discarded material
derived BC

Methylene blue Langmuir 7.2 π–π interactions [155]

8. KOH modified lychee
seed BC Methylene blue Langmuir 124.5 - [156]

9. Triethylenetetramine
corncob BC Sunset yellow Langmuir - - [74]

10. Fe2O3/TiO2
functionalized wasted tea

leaves derived BC

Methylene blue - - Reactive radical
species

[157]
11. Rhodamine B - -
12. Methyl orange - -
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Table 2. Cont.

S. No.
Surface-Modified

Biochar and Its
Nanocomposites

Dye Adsorption
Model

Maximum
Adsorption

Capacity (mg/g)
Mechanism Involved Reference

13. Manganese-modified
lignin BC Methylene blue Langmuir 248.96 - [158]

14. KOH activated pine BC Methylene blue Freundlich 637.5 Primary polar and
π–π interactions [109]

15. KMnO4 activated pine BC Methylene blue Freundlich 439.5 Primary polar and
π–π interactions [109]

16. Fe3O4-modified Citrus
bergamia peel derived BC Methylene blue Langmuir 136.72 Electrostatic

interaction [26]

17. Sulfuric acid modified BC
from Pumpkin peel Methylene Blue Langmuir 208.3 - [159]

18. Acid activated Pine
needle BC Methylene blue Langmuir 153.84

Hydrogen bonding,
electrostatic
interaction

[160]

19. Laccase immobilized pine
needle BC Malachite green - - Enzymatic

degradation [161]

20. Ozonized saw dust BC Methylene blue Langmuir 200 Electrostatic
interaction and

hydrogen bonding

[162]21. Sonicated saw dust BC Methylene blue Langmuir 526

22.
Nitric acid-treated

Pterospermum
acerifolium fruit waste BC

Methylene blue Langmuir - - [28]

23.

SDS-modified nitric
acid-treated

Pterospermum
acerifolium fruit waste BC

Methylene blue Langmuir - - [28]

24.

Cetyl trimethyl
ammonium bromide

modified magnetic BC
from pine nut shells

Acid chrome blue K Langmuir - - [27]

3.4.3. Modification via Clay Mineral

Pre-mixing of the feedstock prior to pyrolysis or post-mixing of the generated BC
and clay minerals produces a clay-BC composite [95]. Arif et al. [134] studied the clay
mineral-BC synthesis process and characteristics including pollutant interactions with the
composite. This study displayed that clay-mineral amendment increases BC micropore
area (>200%), whereas slight growth was detected in the mesopore area [163]. BC stability
can also be enhanced by clay organo-mineral layers and avoid BC decomposition when
applied to soil [164].

The interaction of the BC-clay/mineral composites with the pollutants involves vari-
ous interactions such as ion exchange, precipitation, complexation, electrostatic interactions,
hydrogen bonding, partitioning, electron–donor–acceptor interactions, hydrophobic inter-
actions, and pore-filling [165]. Layered porous clay-BC (C-BC) was produced via layered
bentonite clay intercalating properties comprising high cation exchange capacity with BC
supporting redox-sensitive zero-valent iron (nZVI) nano-trident particles [166]. The synthe-
sized C-BC-nZVI displayed a heterogeneous pore distribution on the C-BC-nZVI surface
with dispersed un-oxidized nZVI particles (20–30 nm). Methylene blue was selectively
adsorbed (52.1 mg/g) by nano-trident in the dye mixture. Further, pH and dissolved
organic matter showed no influence on methylene blue sorption [166].

4. Application of Machine Learning and Artificial Neural Networks into Biochar-
Facilitated Wastewater Remediation

The process initiates from BC production. Various techniques are then carried out to
ensure the continued use of BC for wastewater treatment until it is landfilled or recycled.
Precisely, the produced BCs are characterized as SSA, elemental composition and pH, used
as input and aided in implementation [36]. Machine learning (ML) algorithms such as
support vector regression, ANN, or random forests (RF) are applied at this stage. The
data is processed via algorithm processes and the variables are transformed into files
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using weights [167,168]. The decision criterion is made from the index to choose BC for
wastewater treatment. After BC selection, it is passed on for wastewater treatment, where
it is otherwise activated or functionalized by chemical or physical approaches. BC is re-
characterized after activation/functionalization, and ML algorithms reprocess the data to
determine whether the functionalized BC fulfils the standards required for wastewater
treatment [36,169]. Moosavi et al. [170] compared the model performance of activated
carbon derived from agricultural waste to remove dyes using gradient boosting, decision
tree, and RF models. Model accuracy can be evaluated as correlation coefficient (R), mean
squared error (MSE), and root mean squared error (RMSE) according to the following
equations:

R =

√√√√1− ∑N
i=1(y̌l − yi)

2

∑N
i−1(y̌l − y)2 , (1)

MSE =
1
N

N

∑
i=1

(y̌l − y)2, (2)

RMSE =
√

MSE. (3)

The linear dependences amid any two variables or each attribute and the target variable
are calculated by the following equation.

rxy =
∑n

i=1(xi − x) ∑n
i=1(yi − y)√

∑n
i=1(xi − x)2

√
∑n

i=1(yi − y)2
, (4)

where x or y is the mean of the factors x or y, respectively, and the data for each variable are
normalized to a range of 0 and 1 using the equation below.

y =
(xi − xmin)

(xmax − xmin)
, (5)

where y is the normalized value of the initial xi, and xmax and xmin are the maximum and
minimum values of xi, respectively.

Conventional modelling and optimization methods, i.e., RSM and statistical analysis,
need a varied range of experiments, which are expensive and time consuming. Addi-
tionally, they do not precisely elucidate the association amid different factors affecting
removal efficacy. ML is more robust and effective compared to statistical models when
modelling complex data with possible nonlinearities or partial data [171]. ML offers stage
for mapping associations amid input and output parameters during pollutant remediation.
It is grounded on computer algorithms that are automatically developed and adjusted to
specified conditions, with the ability to forecast the properties of concern via the knowledge
and interpretation carried out by machines. It is used to study complex associations amid
adsorbent properties (e.g., surface area, total pore volume, average pore diameter, and
elemental composition), adsorption conditions, and adsorption performance without em-
pirical assumptions [172]. Moreover, the foremost goal of system modelling and simulation
is to obtain data on the progress of the system without conducting experiments. Thus, it is
essential to develop a multidimensional nature model that can adapt to each process. Re-
garding the problem of overlooking variable relationships, ML models have demonstrated
beneficial tools for method design, regression models, and response optimization [173].

Non-linear associations between independent and dependent variables can be created
by ANN models grounded on a set of test results. Recently, the use of ANN models for
modelling dye adsorption has become very common. Based on the ANN model type,
dye adsorption can be categorized into the following groups: (i) multilayer feedforward
neural networks, (ii) adaptive neuro-fuzzy inference systems, (iii) support vector regression,
and (iv) hybrid models. Various ANN models were used to assess dye removal [174]. A
three-layer feedforward backpropagation network (FFBPN) was used to study the removal
of acid orange from an aqueous medium by powdered activated carbon [175]. In an input
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layer with three neurons (consisting of initial pH, dye concentration, and contact time) and
an output layer with one neuron (dye concentration after time ‘t’), they established FFBPN.
As a result of evaluating the model’s performance using the mean relative error (MRE), it
was found to be 5.81%. This MRE value signifies that the ANN model had good analytical
performance and can be used in place of kinetic studies.

5. Conclusions and Future Perspectives

BC has been considered an efficient adsorbent to treat wastewater owing to the pres-
ence of abundant functional groups and large surface area. Few studies assessed expenses
during the production of BC-based adsorbents. A cost-effective technique and the reuse of
multiple cycles are possible. However, additional investigation of numerous outlooks is
obligatory to confirm BC efficiency and inexpensiveness, mainly for pilot-scale implemen-
tation in subsequent fields.

(1) To attain optimum BC efficacy, it is crucial to study the relations amid various parame-
ters, such as production process, modification/functionalization, and handling all in
an eco-friendly way.

(2) Moreover, promising sorbents that are effectively suitable for pilot scale must be
inexpensive and resources ought to be widely accessible in huge amounts in nature.
Recycling of sorbents on a large scale can reduce costs and energy consumption to
provide sustainable products.

(3) Involvement of software to optimize factors affecting pollutant removal by BC is an
innovative and powerful tool in experimental design and analysis. Applications of
ANN and ML can be used to predict and reduce explicit computer programming.

Modified clay/BC composites displayed significant benefits compared to modified
clays alone, owing to their cost-effective, high adsorption ability, and anionic dye removal
effect. However, few studies have been carried out on a pilot scale. The advancement
of magnetic BC research with organic pollutant removal is a vital and new research area,
and more research in this field should be conducted in the future. However, generation of
noxious components during the synthesis of magnetic BC should be careful.

BC delivers a robust interaction between the BC surface and various pollutants existing
in water and soil. However, as BC loaded with pollutants may pose serious hazard
associated with disposal, a new challenge for researchers concerning the prospects for
the transformed environmental movement of these pollutants is to change the context of
pollutant hazard valuation in the milieu. Implementation of a sustainable management
strategy for contaminant loaded-BC is life threatening. This approach should follow the
concept of a circular economy and should allow for an eco-friendly and cost-effective
recycling of these BCs in the forthcoming adsorption cycles. In addition, during laboratory
scale studies, knowledge of the mechanisms of chemical and physical interaction of BC
with pollutants is required. Promising technologies always have a secondary hazard, and
the utilization of BC loaded with pollutant for bio-oil production in the future could be a
fascinating area that must be explored.

ANN and ML predictive models reduce workload, budget, space requirements, and
pollutant remediation time. For instance, ML can be used to develop models to improve
pyrolysis process and forecast the yield of BC depending on raw material characteris-
tics and process conditions, which can help develop a sustainable wastewater treatment
system. Further, the commencement of more compacted reactors capable of accommo-
dating BC-supported catalysts are required for implementation. Future research should
be devoted to the application of BC-based catalysts in large-scale reactors, which can be
implemented at the industrial level. It is urgent to further explore the potential of BC in
real challenging systems.
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60. Yorgun, S.; Yıldız, D.; Şimşek, Y.E. Activated carbon from paulownia wood: Yields of chemical activation stages. Energy Sources
Part A Recovery Util. Environ. Eff. 2016, 38, 2035–2042. [CrossRef]

61. Harun, N.Y.; Afzal, M.T. Effect of particle size on mechanical properties of pellets made from biomass blends. Procedia Eng. 2016,
148, 93–99. [CrossRef]

62. Bourke, J.; Manley-Harris, M.; Fushimi, C.; Dowaki, K.; Nunoura, T.; Antal, M.J. Do all carbonized charcoals have the same
chemical structure? 2. A model of the chemical structure of carbonized charcoal. Ind. Eng. Chem. Res. 2007, 46, 5954–5967.
[CrossRef]

63. Aliasa, N.; Zaini, M.A.A.; Kamaruddin, M.J. Roles of impregnation ratio of K2CO3 and NaOH in chemical activation of palm
kernel shell. J. Appl. Sci. Process Eng. 2017, 4, 195–204. [CrossRef]

64. Inyang, M.I.; Gao, B.; Yao, Y.; Xue, Y.; Zimmerman, A.; Mosa, A.; Cao, X. A review of biochar as a low-cost adsorbent for aqueous
heavy metal removal. Crit. Rev. Environ. Sci. Technol. 2016, 46, 406–433. [CrossRef]

65. Ma, J.; Zhou, B.; Zhang, H.; Zhang, W. Fe/S modified sludge-based biochar for tetracycline removal from water. Powder Technol.
2020, 364, 889–900. [CrossRef]

66. Wu, M.; Wang, Y.; Lu, B.; Xiao, B.; Chen, R.; Liu, H. Efficient activation of peroxymonosulfate and degradation of Orange G in
iron phosphide prepared by pickling waste liquor. Chemosphere 2021, 269, 129398. [CrossRef]

67. Vigneshwaran, S.; Sirajudheen, P.; Karthikeyan, P.; Meenakshi, S. Fabrication of sulfur-doped biochar derived from tapioca peel
waste with superior adsorption performance for the removal of Malachite green and Rhodamine B dyes. Surf. Interfaces 2021, 23,
100920. [CrossRef]

68. Wang, K.; Peng, N.; Sun, J.; Lu, G.; Chen, M.; Deng, F.; Zhong, Y. Synthesis of silica-composited biochars from alkali-fused fly ash
and agricultural wastes for enhanced adsorption of methylene blue. Sci. Total Environ. 2020, 729, 139055. [CrossRef]

69. Cojocaru, C.; Samoila, P.; Pascariu, P. Chitosan-based magnetic adsorbent for removal of water-soluble anionic dye: Artificial
neural network modeling and molecular docking insights. Int. J. Biol. Macromol. 2019, 123, 587–599. [CrossRef]

70. Siddiqui, S.I.; Manzoor, O.; Mohsin, M.; Chaudhry, S.A. Nigella sativa seed-based nanocomposite-MnO2/BC: An antibacterial
material for photocatalytic degradation, and adsorptive removal of Methylene blue from water. Environ. Res. 2019, 171, 328–340.
[CrossRef]

71. Pirbazari, A.E.; Saberikhah, E.; Kozani, S.H. Fe3O4–wheat straw: Preparation, characterization and its application for methylene
blue adsorption. Water Resour. Ind. 2014, 7, 23–37. [CrossRef]

72. Zheng, Y.; Cheng, B.; You, W.; Yu, J.; Ho, W. 3D hierarchical graphene oxide-NiFe LDH composite with enhanced adsorption
affinity to Congo red, methyl orange and Cr (VI) ions. J. Hazard. Mater. 2019, 369, 214–225. [CrossRef] [PubMed]

205



Catalysts 2022, 12, 817

73. Li, H.; Cao, X.; Zhang, C.; Yu, Q.; Zhao, Z.; Niu, X.; Li, Z. Enhanced adsorptive removal of anionic and cationic dyes from single
or mixed dye solutions using MOF PCN-222. RSC Adv. 2017, 7, 16273–16281. [CrossRef]

74. Mahmoud, M.E.; Abdelfattah, A.M.; Tharwat, R.M.; Nabil, G.M. Adsorption of negatively charged food tartrazine and sunset
yellow dyes onto positively charged triethylenetetramine biochar: Optimization, kinetics and thermodynamic study. J. Mol. Liq.
2020, 318, 114297. [CrossRef]

75. Ho, S.H.; Zhu, S.; Chang, J.S. Recent advances in nanoscale-metal assisted biochar derived from waste biomass used for heavy
metals removal. Bioresour. Technol. 2017, 246, 123–134. [CrossRef]

76. Shen, K.; Gondal, M.A. Removal of hazardous Rhodamine dye from water by adsorption onto exhausted coffee ground. J. Saudi
Chem. Soc. 2017, 21, S120–S127. [CrossRef]

77. Dutta, S.; Gupta, B.; Srivastava, S.K.; Gupta, A.K. Recent advances on the removal of dyes from wastewater using various
adsorbents: A critical review. Mater. Adv. 2021, 2, 4497–4531. [CrossRef]

78. Vijayaraghavan, K. The importance of mineral ingredients in biochar production, properties and applications. Crit. Rev. Environ.
Sci. Technol. 2021, 51, 113–139. [CrossRef]

79. Yang, X.; Wan, Y.; Zheng, Y.; He, F.; Yu, Z.; Huang, J.; Gao, B. Surface functional groups of carbon-based adsorbents and their roles
in the removal of heavy metals from aqueous solutions: A critical review. Chem. Eng. J. 2019, 366, 608–621. [CrossRef]

80. Tan, X.F.; Liu, Y.G.; Gu, Y.L.; Xu, Y.; Zeng, G.M.; Hu, X.J.; Li, J. Biochar-based nano-composites for the decontamination of
wastewater: A review. Bioresour. Technol. 2016, 212, 318–333. [CrossRef]

81. Dai, L.; Lu, Q.; Zhou, H.; Shen, F.; Liu, Z.; Zhu, W.; Huang, H. Tuning oxygenated functional groups on biochar for water
pollution control: A critical review. J. Hazard. Mater. 2021, 420, 126547. [CrossRef]

82. Yek, P.N.Y.; Peng, W.; Wong, C.C.; Liew, R.K.; Ho, Y.L.; Mahari, W.A.W.; Lam, S.S. Engineered biochar via microwave CO2 and
steam pyrolysis to treat carcinogenic Congo red dye. J. Hazard. Mater. 2020, 395, 122636. [CrossRef] [PubMed]

83. Park, J.H.; Wang, J.J.; Meng, Y.; Wei, Z.; DeLaune, R.D.; Seo, D.C. Adsorption/desorption behavior of cationic and anionic dyes
by biochars prepared at normal and high pyrolysis temperatures. Colloids Surf. A Physicochem. Eng. Asp. 2019, 572, 274–282.
[CrossRef]

84. Sterenzon, E.; Vadivel, V.K.; Gerchman, Y.; Luxbacher, T.; Narayanan, R.; Mamane, H. Effective Removal of Acid Dye in Synthetic
and Silk Dyeing Effluent: Isotherm and Kinetic Studies. ACS Omega 2021, 7, 118–128. [CrossRef] [PubMed]

85. Chowdhury, M.F.; Khandaker, S.; Sarker, F.; Islam, A.; Rahman, M.T.; Awual, M.R. Current treatment technologies and mechanisms
for removal of indigo carmine dyes from wastewater: A review. J. Mol. Liq. 2020, 318, 114061. [CrossRef]

86. Eltaweil, A.S.; Mohamed, H.A.; Abd El-Monaem, E.M.; El-Subruiti, G.M. Mesoporous magnetic biochar composite for enhanced
adsorption of malachite green dye: Characterization, adsorption kinetics, thermodynamics and isotherms. Adv. Powder Technol.
2020, 31, 1253–1263. [CrossRef]

87. Yang, S.S.; Kang, J.H.; Xie, T.R.; He, L.; Xing, D.F.; Ren, N.Q.; Wu, W.M. Generation of high-efficient biochar for dye adsorption
using frass of yellow mealworms (larvae of Tenebrio molitor Linnaeus) fed with wheat straw for insect biomass production. J.
Clean. Prod. 2019, 227, 33–47. [CrossRef]

88. Yao, X.; Ji, L.; Guo, J.; Ge, S.; Lu, W.; Chen, Y.; Song, W. An abundant porous biochar material derived from wakame (Undaria
pinnatifida) with high adsorption performance for three organic dyes. Bioresour. Technol. 2020, 318, 124082. [CrossRef]

89. Li, R.; Wang, J.J.; Gaston, L.A.; Zhou, B.; Li, M.; Xiao, R.; Zhang, X. An overview of carbothermal synthesis of metal–biochar
composites for the removal of oxyanion contaminants from aqueous solution. Carbon 2018, 129, 674–687. [CrossRef]

90. Liu, P.; Liu, W.J.; Jiang, H.; Chen, J.J.; Li, W.W.; Yu, H.Q. Modification of bio-char derived from fast pyrolysis of biomass and its
application in removal of tetracycline from aqueous solution. Bioresour. Technol. 2012, 121, 235–240. [CrossRef]

91. Shen, W.; Li, Z.; Liu, Y. Surface chemical functional groups modification of porous carbon. Recent Pat. Chem. Eng. 2008, 1, 27–40.
[CrossRef]

92. Ahmaruzzaman, M. Biochar based nanocomposites for photocatalytic degradation of emerging organic pollutants from water
and wastewater. Mater. Res. Bull. 2021, 140, 111262. [CrossRef]

93. Sun, J.; Lin, X.; Xie, J.; Zhang, Y.; Wang, Q.; Ying, Z. Facile synthesis of novel ternary g-C3N4/ferrite/biochar hybrid photocatalyst
for efficient degradation of methylene blue under visible-light irradiation. Colloids Surf. A Physicochem. Eng. Asp. 2020, 606,
125556. [CrossRef]

94. Yu, F.; Tian, F.; Zou, H.; Ye, Z.; Peng, C.; Huang, J.; Gao, B. ZnO/biochar nanocomposites via solvent free ball milling for enhanced
adsorption and photocatalytic degradation of methylene blue. J. Hazard. Mater. 2021, 415, 125511. [CrossRef] [PubMed]

95. Cheng, N.; Wang, B.; Wu, P.; Lee, X.; Xing, Y.; Chen, M.; Gao, B. Adsorption of emerging contaminants from water and wastewater
by modified biochar: A review. Environ. Pollut. 2021, 273, 116448. [CrossRef]

96. Benis, K.Z.; Damuchali, A.M.; Soltan, J.; McPhedran, K.N. Treatment of aqueous arsenic–A review of biochar modification
methods. Sci. Total Environ. 2020, 739, 139750. [CrossRef] [PubMed]

97. Barquilha, C.E.; Braga, M.C. Adsorption of organic and inorganic pollutants onto biochars: Challenges, operating conditions, and
mechanisms. Bioresour. Technol. Rep. 2021, 15, 100728. [CrossRef]

98. Cho, H.H.; Wepasnick, K.; Smith, B.A.; Bangash, F.K.; Fairbrother, D.H.; Ball, W.P. Sorption of aqueous Zn [II] and Cd [II] by
multiwall carbon nanotubes: The relative roles of oxygen-containing functional groups and graphenic carbon. Langmuir 2010, 26,
967–981. [CrossRef]

206



Catalysts 2022, 12, 817

99. Wang, Y.; Zhong, B.; Shafi, M.; Ma, J.; Guo, J.; Wu, J.; Jin, H. Effects of biochar on growth, and heavy metals accumulation of moso
bamboo (Phyllostachy pubescens), soil physical properties, and heavy metals solubility in soil. Chemosphere 2019, 219, 510–516.
[CrossRef] [PubMed]

100. Li, Y.; Shao, J.; Wang, X.; Deng, Y.; Yang, H.; Chen, H. Characterization of modified biochars derived from bamboo pyrolysis and
their utilization for target component (furfural) adsorption. Energy Fuels 2014, 28, 5119–5127. [CrossRef]

101. Peng, P.; Lang, Y.H.; Wang, X.M. Adsorption behavior and mechanism of pentachlorophenol on reed biochars: pH effect, pyrolysis
temperature, hydrochloric acid treatment and isotherms. Ecol. Eng. 2016, 90, 225–233. [CrossRef]

102. Jin, Y.; Zhang, M.; Jin, Z.; Wang, G.; Li, R.; Zhang, X.; Wang, H. Characterization of biochars derived from various spent mushroom
substrates and evaluation of their adsorption performance of Cu (II) ions from aqueous solution. Environ. Res. 2021, 196, 110323.
[CrossRef] [PubMed]

103. Wei, D.; Li, B.; Huang, H.; Luo, L.; Zhang, J.; Yang, Y.; Zhou, Y. Biochar-based functional materials in the purification of agricultural
wastewater: Fabrication, application and future research needs. Chemosphere 2018, 197, 165–180. [CrossRef]

104. Li, B.; Yang, L.; Wang, C.Q.; Zhang, Q.P.; Liu, Q.C.; Li, Y.D.; Xiao, R. Adsorption of Cd (II) from aqueous solutions by rape straw
biochar derived from different modification processes. Chemosphere 2017, 175, 332–340. [CrossRef]

105. Sizmur, T.; Fresno, T.; Akgül, G.; Frost, H.; Moreno-Jiménez, E. Biochar modification to enhance sorption of inorganics from water.
Bioresour. Technol. 2017, 246, 34–47. [CrossRef] [PubMed]

106. Cazetta, A.L.; Vargas, A.M.; Nogami, E.M.; Kunita, M.H.; Guilherme, M.R.; Martins, A.C.; Almeida, V.C. NaOH-activated carbon
of high surface area produced from coconut shell: Kinetics and equilibrium studies from the methylene blue adsorption. Chem.
Eng. J. 2011, 174, 117–125. [CrossRef]

107. Shen, Y.; Zhou, Y.; Fu, Y.; Zhang, N. Activated carbons synthesized from unaltered and pelletized biomass wastes for bio-tar
adsorption in different phases. Renew. Energy 2020, 146, 1700–1709. [CrossRef]

108. Zheng, Y.; Wang, J.; Li, D.; Liu, C.; Lu, Y.; Lin, X.; Zheng, Z. Insight into the KOH/KMnO4 activation mechanism of oxygen-
enriched hierarchical porous biochar derived from biomass waste by in-situ pyrolysis for methylene blue enhanced adsorption. J.
Anal. Appl. Pyrolysis 2021, 158, 105269. [CrossRef]

109. Dong, H.; Zhang, C.; Deng, J.; Jiang, Z.; Zhang, L.; Cheng, Y.; Zeng, G. Factors influencing degradation of trichloroethylene by
sulfide-modified nanoscale zero-valent iron in aqueous solution. Water Res. 2018, 135, 1–10. [CrossRef] [PubMed]

110. Yang, X.; Xu, G.; Yu, H.; Zhang, Z. Preparation of ferric-activated sludge-based adsorbent from biological sludge for tetracycline
removal. Bioresour. Technol. 2016, 211, 566–573. [CrossRef] [PubMed]

111. Navarathna, C.M.; Bombuwala Dewage, N.; Keeton, C.; Pennisson, J.; Henderson, R.; Lashley, B.; Mlsna, T. Biochar adsorbents
with enhanced hydrophobicity for oil spill removal. ACS Appl. Mater. Interfaces 2020, 12, 9248–9260. [CrossRef] [PubMed]

112. Zulbadli, N.; Zaini, N.; Soon, L.Y.; Kang, T.Y.; Al-Harf, A.A.A.; Nasri, N.S.; Kamarudin, K.S.N. Acid-modified adsorbents from
sustainable green-based materials for crude oil removal. J. Adv. Res. Fluid Mech. Therm. Sci. 2018, 46, 11–20.

113. Chen, L.; Jiang, X.; Xie, R.; Zhang, Y.; Jin, Y.; Jiang, W. A novel porous biochar-supported Fe-Mn composite as a persulfate
activator for the removal of acid red 88. Sep. Purif. Technol. 2020, 250, 117232. [CrossRef]

114. Zhao, C.; Wang, B.; Theng, B.K.; Wu, P.; Liu, F.; Wang, S.; Zhang, X. Formation and mechanisms of nano-metal oxide-biochar
composites for pollutants removal: A review. Sci. Total Environ. 2021, 767, 145305. [CrossRef]

115. Liu, J.; Huang, S.; Wang, T.; Mei, M.; Chen, S.; Li, J. Peroxydisulfate activation by digestate-derived biochar for azo dye
degradation: Mechanism and performance. Sep. Purif. Technol. 2021, 279, 119687. [CrossRef]

116. Huang, Q.; Chen, C.; Zhao, X.; Bu, X.; Liao, X.; Fan, H.; Huang, Z. Malachite green degradation by persulfate activation with
CuFe2O4@ biochar composite: Efficiency, stability and mechanism. J. Environ. Chem. Eng. 2021, 9, 105800. [CrossRef]

117. Liu, H.; Hu, M.; Zhang, H.; Wei, J. Biosynthesis of Stalk Biochar-nZVI and its Catalytic Reactivity in Degradation of Dyes by
Persulfate. Surf. Interfaces 2022, 31, 102098. [CrossRef]

118. Zhao, Y.; Dai, H.; Ji, J.; Yuan, X.; Li, X.; Jiang, L.; Wang, H. Resource utilization of luffa sponge to produce biochar for effective
degradation of organic contaminants through persulfate activation. Sep. Purif. Technol. 2022, 288, 120650. [CrossRef]

119. Gaspard, S.; Ncibi, M.C. (Eds.) Activated Carbon from Biomass for Water Treatment. Biomass for Sustainable Applications: Pollution
Remediation and Energy; Royal Society of Chemistry: London, UK, 2013.

120. Kim, J.R.; Kan, E. Heterogeneous photocatalytic degradation of sulfamethoxazole in water using a biochar-supported TiO2
photocatalyst. J. Environ. Manag. 2016, 180, 94–101. [CrossRef] [PubMed]

121. Ahmed, M.B.; Zhou, J.L.; Ngo, H.H.; Guo, W.; Chen, M. Progress in the preparation and application of modified biochar for
improved contaminant removal from water and wastewater. Bioresour. Technol. 2016, 214, 836–851. [CrossRef] [PubMed]

122. Cha, J.S.; Park, S.H.; Jung, S.C.; Ryu, C.; Jeon, J.K.; Shin, M.C.; Park, Y.K. Production and utilization of biochar: A review. J. Ind.
Eng. Chem. 2016, 40, 1–15. [CrossRef]

123. Panwar, N.L.; Pawar, A. Influence of activation conditions on the physicochemical properties of activated biochar: A review.
Biomass Convers. Biorefin. 2020, 12, 925–947. [CrossRef]

124. Chia, C.H.; Downie, A.; Munroe, P. Characteristics of biochar: Physical and structural properties. In Biochar for Environmental
Management; Routledge: London, UK, 2015; pp. 89–109.

125. Rajapaksha, A.U.; Vithanage, M.; Ahmad, M.; Seo, D.C.; Cho, J.S.; Lee, S.E.; Ok, Y.S. Enhanced sulfamethazine removal by
steam-activated invasive plant-derived biochar. J. Hazard. Mater. 2015, 290, 43–50. [CrossRef] [PubMed]

207



Catalysts 2022, 12, 817

126. Santos, R.M.; Santos, A.O.; Sussuchi, E.M.; Nascimento, J.S.; Lima, Á.S.; Freitas, L.S. Pyrolysis of mangaba seed: Production and
characterization of bio-oil. Bioresour. Technol. 2015, 196, 43–48. [CrossRef] [PubMed]

127. Uchimiya, M.; Lima, I.M.; Klasson, K.T.; Wartelle, L.H. Contaminant immobilization and nutrient release by biochar soil
amendment: Roles of natural organic matter. Chemosphere 2010, 80, 935–940. [CrossRef] [PubMed]

128. Hagemann, N.; Spokas, K.; Schmidt, H.P.; Kägi, R.; Böhler, M.; Bucheli, T. Activated Carbon, Biochar and Charcoal: Linkages and
Synergies across Pyrogenic Carbon’s ABCs. Water 2018, 10, 182. [CrossRef]

129. Jellali, S.; Khiari, B.; Usman, M.; Hamdi, H.; Charabi, Y.; Jeguirim, M. Sludge-derived biochars: A review on the influence of
synthesis conditions on pollutants removal efficiency from wastewaters. Renew. Sustain. Energy Rev. 2021, 144, 111068. [CrossRef]

130. Méndez, A.; Gascó, G.; Freitas, M.M.A.; Siebielec, G.; Stuczynski, T.; Figueiredo, J.L. Preparation of carbon-based adsorbents from
pyrolysis and air activation of sewage sludges. Chem. Eng. J. 2005, 108, 169–177. [CrossRef]

131. Sewu, D.D.; Jung, H.; Kim, S.S.; Lee, D.S.; Woo, S.H. Decolorization of cationic and anionic dye-laden wastewater by steam-
activated biochar produced at an industrial-scale from spent mushroom substrate. Bioresour. Technol. 2019, 277, 77–86. [CrossRef]

132. Jin, H.; Capareda, S.; Chang, Z.; Gao, J.; Xu, Y.; Zhang, J. Biochar pyrolytically produced from municipal solid wastes for aqueous
As (V) removal: Adsorption property and its improvement with KOH activation. Bioresour. Technol. 2014, 169, 622–629. [CrossRef]
[PubMed]

133. Zhang, Q.; Wang, J.; Lyu, H.; Zhao, Q.; Jiang, L.; Liu, L. Ball-milled biochar for galaxolide removal: Sorption performance and
governing mechanisms. Sci. Total Environ. 2019, 659, 1537–1545. [CrossRef] [PubMed]

134. Arif, M.; Liu, G.; Yousaf, B.; Ahmed, R.; Irshad, S.; Ashraf, A.; Rashid, M.S. Synthesis, characteristics and mechanistic insight into
the clays and clay minerals-biochar surface interactions for contaminants removal—A review. J. Clean. Prod. 2021, 310, 127548.
[CrossRef]

135. Zhao, Y.; Yuan, X.; Li, X.; Jiang, L.; Wang, H. Burgeoning prospects of biochar and its composite in persulfate-advanced oxidation
process. J. Hazard. Mater. 2021, 409, 124893. [CrossRef] [PubMed]

136. Peterson, S.C.; Jackson, M.A.; Kim, S.; Palmquist, D.E. Increasing biochar surface area: Optimization of ball milling parameters.
Powder Technol. 2012, 228, 115–120. [CrossRef]

137. Lyu, H.; Gao, B.; He, F.; Zimmerman, A.R.; Ding, C.; Huang, H.; Tang, J. Effects of ball milling on the physicochemical and sorptive
properties of biochar: Experimental observations and governing mechanisms. Environ. Pollut. 2018, 233, 54–63. [CrossRef]

138. Zheng, Y.; Wan, Y.; Chen, J.; Chen, H.; Gao, B. MgO modified biochar produced through ball milling: A dual-functional adsorbent
for removal of different contaminants. Chemosphere 2020, 243, 125344. [CrossRef]

139. Sewu, D.D.; Tran, H.N.; Ohemeng-Boahen, G.; Woo, S.H. Facile magnetic biochar production route with new goethite nanoparticle
precursor. Sci. Total Environ. 2020, 717, 137091. [CrossRef]

140. Qiu, Y.; Zhang, Q.; Wang, Z.; Gao, B.; Fan, Z.; Li, M.; Zhong, M. Degradation of anthraquinone dye reactive blue 19 using
persulfate activated with Fe/Mn modified biochar: Radical/non-radical mechanisms and fixed-bed reactor study. Sci. Total
Environ. 2021, 758, 143584. [CrossRef]

141. Zhao, F.; Shan, R.; Li, W.; Zhang, Y.; Yuan, H.; Chen, Y. Synthesis, characterization, and dye removal of ZnCl2-modified biochar
derived from pulp and paper sludge. ACS Omega 2021, 6, 34712–34723. [CrossRef]

142. Feng, Z.; Yuan, R.; Wang, F.; Chen, Z.; Zhou, B.; Chen, H. Preparation of magnetic biochar and its application in catalytic
degradation of organic pollutants: A review. Sci. Total Environ. 2021, 765, 142673. [CrossRef]

143. Reddy, D.H.K.; Lee, S.M. Magnetic biochar composite: Facile synthesis, characterization, and application for heavy metal removal.
Colloids Surf. A Physicochem. Eng. Asp. 2014, 454, 96–103. [CrossRef]

144. Qu, S.; Huang, F.; Yu, S.; Chen, G.; Kong, J. Magnetic removal of dyes from aqueous solution using multi-walled carbon nanotubes
filled with Fe2O3 particles. J. Hazard. Mater. 2008, 160, 643–647. [CrossRef]

145. Thines, K.R.; Abdullah, E.C.; Mubarak, N.M.; Ruthiraan, M. Synthesis of magnetic biochar from agricultural waste biomass to
enhancing route for waste water and polymer application: A review. Renew. Sustain. Energy Rev. 2017, 67, 257–276. [CrossRef]

146. Theydan, S.K.; Ahmed, M.J. Adsorption of methylene blue onto biomass-based activated carbon by FeCl3 activation: Equilibrium,
kinetics, and thermodynamic studies. J. Anal. Appl. Pyrolysis 2012, 97, 116–122. [CrossRef]

147. Wang, S.; Gao, B.; Zimmerman, A.R.; Li, Y.; Ma, L.; Harris, W.G.; Migliaccio, K.W. Removal of arsenic by magnetic biochar
prepared from pinewood and natural hematite. Bioresour. Technol. 2015, 175, 391–395. [CrossRef]

148. Baig, S.A.; Zhu, J.; Muhammad, N.; Sheng, T.; Xu, X. Effect of synthesis methods on magnetic Kans grass biochar for enhanced As
(III, V) adsorption from aqueous solutions. Biomass Bioenergy 2014, 71, 299–310. [CrossRef]

149. Han, Y.; Cao, X.; Ouyang, X.; Sohi, S.P.; Chen, J. Adsorption kinetics of magnetic biochar derived from peanut hull on removal of
Cr (VI) from aqueous solution: Effects of production conditions and particle size. Chemosphere 2016, 145, 336–341. [CrossRef]
[PubMed]

150. Guo, L.; Zhao, L.; Tang, Y.; Zhou, J.; Shi, B. An iron–based biochar for persulfate activation with highly efficient and durable
removal of refractory dyes. J. Environ. Chem. Eng. 2022, 10, 106979. [CrossRef]

151. Abodif, A.M.; Meng, L.; Ma, S.; Ahmed, A.S.; Belvett, N.; Wei, Z.Z.; Ning, D. Mechanisms and models of adsorption: TiO2-
supported biochar for removal of 3,4-dimethylaniline. ACS Omega 2020, 5, 13630–13640. [CrossRef]

152. Deng, H.; Li, A.; Ye, C.; Sheng, L.; Li, Z.; Jiang, Y. Green Removal of Various Pollutants by Microsphere Adsorption: Material
Characterization and Adsorption Behavior. Energy Fuels 2020, 34, 16330–16340. [CrossRef]

208



Catalysts 2022, 12, 817

153. Liu, S.; Shen, C.; Wang, Y.; Huang, Y.; Hu, X.; Li, B.; Zhang, H. Development of CO2/H2O activated biochar derived from pine
pyrolysis: Application in methylene blue adsorption. J. Chem. Technol. Biotechnol. 2022, 97, 885–893. [CrossRef]

154. Liu, S.; Li, J.; Xu, S.; Wang, M.; Zhang, Y.; Xue, X. A modified method for enhancing adsorption capability of banana pseudostem
biochar towards methylene blue at low temperature. Bioresour. Technol. 2019, 282, 48–55. [CrossRef]

155. Hoslett, J.; Ghazal, H.; Mohamad, N.; Jouhara, H. Removal of methylene blue from aqueous solutions by biochar prepared from
the pyrolysis of mixed municipal discarded material. Sci. Total Environ. 2020, 714, 136832. [CrossRef]

156. Sahu, S.; Pahi, S.; Tripathy, S.; Singh, S.K.; Behera, A.; Sahu, U.K.; Patel, R.K. Adsorption of methylene blue on chemically
modified lychee seed biochar: Dynamic, equilibrium, and thermodynamic study. J. Mol. Liq. 2020, 315, 113743. [CrossRef]

157. Chen, X.L.; Li, F.; Chen, H.; Wang, H.; Li, G. Fe2O3/TiO2 functionalized biochar as a heterogeneous catalyst for dyes degradation
in water under Fenton processes. J. Environ. Chem. Eng. 2020, 8, 103905. [CrossRef]

158. Liu, X.J.; Li, M.F.; Singh, S.K. Manganese-modified lignin biochar as adsorbent for removal of methylene blue. J. Mater. Res.
Technol. 2021, 12, 1434–1445. [CrossRef]
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Abstract: Pyrolysis of lemon stalks at 850 ◦C under a limited oxygen atmosphere yields a highly active
and selective biochar for the activation of persulfate ion and the oxidation of sulfamethoxazole (SMX).
The biochar mainly consists of C and O atoms, with Ca and K being the most abundant minerals. It
has a moderate specific surface area of 154 m2 g−1 and carbonate species, probably in the form of
calcium carbonate. Complete degradation of 0.5 mg L−1 SMX can be achieved within 20 min using
500 mg L−1 sodium persulfate (SPS) and 100 mg L−1 biochar in ultrapure water (UPW). The acidic
environment positively influences the degradation and adsorption processes, while the complexity
of the water matrices usually has a negative impact on the degradation. The presence of chloride
accelerates the oxidation of SMX, whose mechanism follows radical and non-radical pathways.
Hydroxyl radicals seem to have the dominant contribution, while the electron transfer pathway was
proven with electrochemical characterization. The biochar is stable for at least five cycles, and this
makes it a good candidate for a sustainable, metal-free catalyst.

Keywords: biochar; sulfamethoxazole; persulfate; electron transfer

1. Introduction

Wastes from wastewater treatment plants (WWTPs), hospitals, agriculture, and farms
are likely to contain various antibiotics, sometimes at high concentrations, since these
pharmaceuticals are widely used in various activities; such wastes may end up in the
environment such as rivers, surface waters, and the sea. In fact, many antibiotics are
resistant to degradation and mineralization in WWTPs due to their complex chemical
structures. It is important to note that in areas with high levels of contamination, these
chemicals can remain in the environment due to their physicochemical properties, making
certain bacteria resistant to antibiotics. This can lead to the natural environment becoming
a pool of antibiotic-resistant pathogens, which under certain conditions can enter the food
chain and create antibiotic-resistant microbes that pose a threat to human health [1].

Sulfonamides is one of the most common families of antibiotics with sulfamethoxazole
(SMX) being a typical representative. They are typically found in terrestrial and aqueous
matrices [2–4], mainly due to their high resistance to soil and use in excessive quantities [5].
For instance, detection of sulfonamides has been reported in 80% of 139 rivers and streams
sampled in 1999–2000 in 30 states in the US [6]. From that period onwards, sulfonamides
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are found in livestock-related rivers, agro-industrial streams [7–9], and wetlands and
surface waters [10]. Although antibiotics are present in surface waters at concentrations
of ng L−1 [11,12], maximum concentration values in rivers in the order of µg L−1 have
also been reported [13,14]. More specifically, SMX was detected in all samples from river
Seine, France at a maximum concentration of 544 ng L−1 [15]. The occurrence of SMX
at concentrations up to 1 µg L−1 was reported in 20% of groundwater samples during a
monitoring campaign in the US [16].

Therefore, there is a need to develop efficient technologies to adequately remove persis-
tent pollutants, such as SMX, which are not fully degraded in conventional WWTPs [17,18].
In recent decades, advanced oxidation processes (AOPs) have evolved as promising treat-
ment technologies based on the production of reactive oxygen species (ROS) that completely
oxidize organic pollutants into end products such as water, carbon dioxide, and minerals.
ROS mainly involve radicals that are essentially derived from an ion, molecule or atom
having at least one unpaired electron in the outer electron layer. Due to such an electronic
configuration, a free radical becomes very active as it is very unstable and can react rapidly
with several types of organic pollutants [19]. Hydroxyl radicals, which perhaps are the
most common ones, can be produced from the reaction of hydrogen peroxide with iron
ions in acidic conditions [20]. In the past few years, sulfate radicals have become a good
alternative to hydroxyl radicals [21] since they are more selective for the oxidation of
organic molecules by electron transfer [22]. Persulfate ions, S2O8

2−, have an O–O bond
with length proportional to that in H2O2 [23,24] but exhibit higher water solubility and
stability [25] than H2O2. The redox potential of S2O8

2− is 2.01 V, but it requires an activator
to produce sulfate radicals:

S2O8
2− + 2e− → 2SO4

•− (1)

Activation can be performed with heat [26], ultrasound [27], solar or UV irradia-
tion [28], and in the presence of a transition metal [29–31], i.e., Equations (2)–(4):

S2O2−
8 + Mn+ → M(n+1)+ + SO•−4 + SO2−

4 (2)

SO•−4 + Mn+ → M(n+1)+ + SO2−
4 (3)

S2O2−
8 + 2Mn+ → 2M(n+1)+ + 2SO2−

4 (4)

In the last decade, metal-free catalysis has gained considerable attention. Carbona-
ceous materials, such as biochar (BC), can be used for the activation of persulfate. Pyrolysis
of waste biomass yields BC with moderate to high specific surface area (SSA), hierarchical
pore structure, and plenty of surface functional groups. Biochar find significant applica-
tions as supercapacitors [32], adsorbents [33], catalysts in transesterification reactions [34],
and persulfate activators to oxidize emerging contaminants. They can be prepared from
any kind of raw biomass and their properties; for instance, aromaticity and the polarity
index depend on the nature and type of oxygenated functional groups formed on the
surface [35–37], which is a function of the pyrolysis conditions and the characteristics of
raw biomass.

A type of biomass that is found in abundance worldwide is the trimmings of citrus
and fruit trees, containing high levels of lignin and cellulose but low humidity. All over
the world, there are large areas with orchards where fruit trees are grown such as orange,
lemon, pear, apple, and so on. Due to the need for regular care of these arable lands through
annual pruning of the trees, very large quantities of unwanted wood (trunks, branches,
stalks) and leaves are obtained [38], which are most often burned. For instance, the annual
production of lemons for the period 2019–2020 was estimated at 7.55 million metric tons,
with Mexico holding first place with 2.2 million metric tons, followed by the European
Union and Argentina with 1.42 and 1.4 million tons, respectively [39].

In this work, biochar prepared from lemon stalk was used to activate persulfate for
the destruction of SMX. To our knowledge, this is the first time that this kind of biomass
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was employed for the production of BC, which was then applied for SMX oxidation.
Previous studies have dealt with SMX oxidation through the carbocatalytic activation of
persulfate with various biochar from spent coffee grounds [40], olive stones [41], spent malt
rootlets [42], and rice husks [43]. In general, agro-industrial BC is an excellent persulfate
activator for SPS and the subsequent degradation of antibiotics. In this perspective, a new
BC was synthesized, characterized with different physicochemical techniques, and tested
for the degradation of SMX. Electrochemical characterization was applied to elucidate the
degradation mechanism.

2. Results and Discussion
2.1. Biochar Characterization

The SEM image (Figure 1) shows that there are some crystallites formed on the surface
of carbon phase. These crystallites have relatively long dimensions and are rich in Ca, as
was shown from the EDX analysis.

Catalysts 2023, 13, x FOR PEER REVIEW 3 of 20 
 

 

branches, stalks) and leaves are obtained [38], which are most often burned. For instance, 
the annual production of lemons for the period 2019–2020 was estimated at 7.55 million 
metric tons, with Mexico holding first place with 2.2 million metric tons, followed by the 
European Union and Argentina with 1.42 and 1.4 million tons, respectively [39]. 

In this work, biochar prepared from lemon stalk was used to activate persulfate for 
the destruction of SMX. To our knowledge, this is the first time that this kind of biomass 
was employed for the production of BC, which was then applied for SMX oxidation. Pre-
vious studies have dealt with SMX oxidation through the carbocatalytic activation of per-
sulfate with various biochar from spent coffee grounds [40], olive stones [41], spent malt 
rootlets [42], and rice husks [43]. In general, agro-industrial BC is an excellent persulfate 
activator for SPS and the subsequent degradation of antibiotics. In this perspective, a new 
BC was synthesized, characterized with different physicochemical techniques, and tested 
for the degradation of SMX. Electrochemical characterization was applied to elucidate the 
degradation mechanism. 

2. Results and discussion 
2.1. Biochar Characterization 

The SEM image (Figure 1) shows that there are some crystallites formed on the sur-
face of carbon phase. These crystallites have relatively long dimensions and are rich in Ca, 
as was shown from the EDX analysis. 

 
Figure 1. Representative SEM image of the biochar showing deposits of minerals. 

The formation of carbonate species may either be due to pyrolysis or, more likely, the 
exposure of BC in the air and the subsequent reaction of CaO with CO2. Based on EDX 
analysis, the percent elemental composition was as follows: 86.5% C, 12.2% O, 0.5% Ca, 
0.3% K, 0.2% Mg, and 0.1% from each of P, Si, and Cl. Minerals were in the form of oxides 
and carbonates, since only small amounts of Cl were detected. 

The XRD pattern (Figure 2) exhibits two broad peaks centered at 2θ about 23° and 
43.6°, which are typical of the graphitization process during pyrolysis. The broad peak at 
23° refers to graphitic carbon and is due to the (002) plane. The second peak describes the 
(100) plane of the sp2 hybridization of the carbon atoms [44,45]. There are some other sharp 
peaks centered at 26.5° and 29.4° due to carbonate minerals such as calcite, in accordance 
with the EDX analysis. Their content is rather limited, and the sharp peak indicates the 
absence of significant interactions with the carbon phase. 

Figure 1. Representative SEM image of the biochar showing deposits of minerals.

The formation of carbonate species may either be due to pyrolysis or, more likely, the
exposure of BC in the air and the subsequent reaction of CaO with CO2. Based on EDX
analysis, the percent elemental composition was as follows: 86.5% C, 12.2% O, 0.5% Ca,
0.3% K, 0.2% Mg, and 0.1% from each of P, Si, and Cl. Minerals were in the form of oxides
and carbonates, since only small amounts of Cl were detected.

The XRD pattern (Figure 2) exhibits two broad peaks centered at 2θ about 23◦ and
43.6◦, which are typical of the graphitization process during pyrolysis. The broad peak at
23◦ refers to graphitic carbon and is due to the (002) plane. The second peak describes the
(100) plane of the sp2 hybridization of the carbon atoms [44,45]. There are some other sharp
peaks centered at 26.5◦ and 29.4◦ due to carbonate minerals such as calcite, in accordance
with the EDX analysis. Their content is rather limited, and the sharp peak indicates the
absence of significant interactions with the carbon phase.
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due to C–H aliphatic bonds. The absence of any peak above 3000 cm−1 denotes that the 
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erate peaks above 3000 cm−1 [41]. 

 
Figure 3. FTIR spectrum of biochar. 

The TGA curve (Figure 4) clearly shows that the organic phase is highly homogene-
ous. There is a sharp decrease in mass starting at 450 °C, while the differential curve re-
veals that there is a sharp peak at 505 °C. Interestingly, the mass left after the TGA run is 
only 7%; therefore, the minerals content is limited in the biochar. 

Figure 2. XRD pattern of the biochar.

As can be seen in the FTIR spectrum (Figure 3), there is a broad peak centered at
3430 cm−1 and a peak at 1105 cm−1. These peaks are due to –OH and C–O(H) bonds
and refer to the surface hydroxyl species and/or adsorbed water molecules. The peak at
1432 cm−1 is due to the carbonate species, probably closely related with Ca (or K) ions, while
the 1631 cm−1 describes the C=C bonds. There also are two peaks at 2917 and 2845 cm−1,
which are due to C–H aliphatic bonds. The absence of any peak above 3000 cm−1 denotes
that the aromatic phase is poor in H, since the C–H bonds in aromatic or unsaturated bonds
generate peaks above 3000 cm−1 [41].
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Figure 3. FTIR spectrum of biochar.

The TGA curve (Figure 4) clearly shows that the organic phase is highly homogeneous.
There is a sharp decrease in mass starting at 450 ◦C, while the differential curve reveals that
there is a sharp peak at 505 ◦C. Interestingly, the mass left after the TGA run is only 7%;
therefore, the minerals content is limited in the biochar.
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The SSA of the biochar was measured equal to 154 m2 g−1. The micropores’ SSA was 
105 m2 g−1, while the total pore volume was 0.08 mL g−1. The pore width was about 1.9 nm, 
while some macropores were also present, as can be seen in Figure 5. 
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Figure 5. Pore width distribution of biochar. 

The point of zero charge was determined using the potentiometric mass titration 
method [46] and it was found equal to 9.2. This value confirms the basic character of the 
biochar surface, which can be attributed to CaCO3. 

2.2. Biochar Activity 
2.2.1. Preliminary Screening Experiments 

Figure 4. TGA (black line) and differential curve, dm/dT, (red line) of biochar. TGA was performed
under air atmosphere at 10 ◦C min−1 heating rate.

The SSA of the biochar was measured equal to 154 m2 g−1. The micropores’ SSA
was 105 m2 g−1, while the total pore volume was 0.08 mL g−1. The pore width was about
1.9 nm, while some macropores were also present, as can be seen in Figure 5.
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Figure 5. Pore width distribution of biochar.

The point of zero charge was determined using the potentiometric mass titration
method [46] and it was found equal to 9.2. This value confirms the basic character of the
biochar surface, which can be attributed to CaCO3.

2.2. Biochar Activity
2.2.1. Preliminary Screening Experiments

Figure 6 shows the extent of SMX removal by adsorption and oxidation during pre-
liminary experiments with biochar produced from various lemon tree parts, i.e., leaves
pyrolyzed at 400 or 850 ◦C (LL400 or LL850), stalks (LST), and branches (LBR). SMX re-
moval is mainly due to the oxidation process (Figure 6b), although adsorption contributes
considerably in certain occasions (Figure 6a).
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Adsorption is either due to interactions between opposite-charged species in the solu-
tion and surface functional groups (electrostatic adsorption) or π–π interactions between
the organic contaminant and the graphitic phase [47]. As can be seen in Figure 6a, biochar
prepared from biomass with higher lignin content exhibits greater adsorption capacity.
Moreover, the pyrolysis temperature positively affects the degree of adsorption, probably
due to higher graphitization levels occurring at higher temperatures. A similar trend re-
garding pyrolysis temperature occurs for the oxidation process (Figure 6b) and is consistent
with previous studies [43]. SMX decomposition is complete within 20 min of the reaction
with the biochar from stalks, while 90% can be achieved after 120 min with biochar from
leaves or brunch.

Table 1 summarizes the conditions needed (i.e., biochar and persulfate concentrations
and reaction time) to achieve maximum SMX degradation with various biochar tested
in previous studies of our group. Evidently, the LST850 sample prepared in this work
showed higher activity than previous materials in terms of reaction time and/or chemicals
concentrations. In this respect, all subsequent experiments were performed with LST850.
Figure 7 shows the effect of SPS, biochar, or initial SMX concentration on its degradation.

Table 1. Removal of SMX with biochar from different biomasses pyrolyzed at 850 ◦C. Values with
asterisks refer to an experiment with trimethoprim as the target compound.

Biomass BC
(mg L−1)

SPS
(mg L−1) Removal (%) Time

(min) Reference

Coffee grounds 200 1000 97 75 [40]

Malt rootlets 90 250
500 *

94
74 *

90
120 *

[42]
[48]

Olive stones 200 1000 65 75 [41]
Rice husks 100 500 96 120 [43]

* The values are refer to the degradation of trimethoprim instead of SMX.

The beneficial effect of increasing SPS concentration in the range of 0–500 mg L−1 on
SMX degradation is presented in Figure 7a. Assuming that degradation follows a pseudo-
first-order rate expression with regards to SMX concentration, apparent kinetic constants
can be computed from the data of Figure 7a; the respective values are 0.0052 min−1,
0.0581 min−1, 0.0738 min−1, 0.0938 min−1, 0.1227 min−1, and 0.2574 min−1 at 0, 25, 50, 125,
250, and 500 mg L−1 SPS. Evidently, more radicals are produced at higher oxidant source
concentrations, and this may possibly offset the competition between SMX and SPS for
adsorption on the biochar’s active sites. It should be noted here that excessive oxidant
concentrations may be detrimental to the process due to radical scavenging effects and/or
the conversion of sulfate and hydroxyl radicals to less powerful species such as S2O8

•−
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and O2 [49]; this effect was not observed at the maximum SPS concentration employed in
this work.

Catalysts 2023, 13, x FOR PEER REVIEW 7 of 20 
 

 

0 5 10 15 20 25 30
0.0

0.2

0.4

0.6

0.8

1.0

C
/C

o

Time, min

 SPS:0 mg/L
 SPS:25 mg/L
 SPS:50 mg/L
 SPS:125 mg/L
 SPS:250 mg/L
 SPS:500 mg/L

(a)

 

0 5 10 15 20 25 30
100

150

200

250

[S
PS

], 
m

g 
L-1

 

Time, min

(b)

 

0 10 20 30 40 50 60
0.0

0.2

0.4

0.6

0.8

1.0
(c)

C
/C

o

Time, min

 BC:100 mg/L+SPS
 BC:100 mg/L
 BC:50 mg/L+SPS
 BC:50 mg/L
 BC:200 mg/L+SPS
 BC:200 mg/L
 BC:0 mg/L +SPS

 

0 5 10 15 20 25 30
0.0

0.2

0.4

0.6

0.8

1.0
(d)

C
/C

o

Time, min

 SMX:0.25 mg/L
 SMX:0.5 mg/L
 SMX:1 mg/L

 

Figure 7. Removal of SMX in UPW and inherent pH as a function of (a) SPS concentration (0.5 mg 
L−1 SMX and 100 mg L−1 BC), (b) shows SPS consumption with 100 mg L−1 BC, (c) BC concentration 
(0.5 mg L−1 SMX with and without 250 mg L−1 SPS), and (d) SMX concentration (100 mg L−1 BC and 
250 mg L−1 SPS).  

The beneficial effect of increasing SPS concentration in the range of 0–500 mg L−1 on 
SMX degradation is presented in Figure 7a. Assuming that degradation follows a pseudo-
first-order rate expression with regards to SMX concentration, apparent kinetic constants 
can be computed from the data of Figure 7a; the respective values are 0.0052 min−1, 0.0581 
min−1, 0.0738 min−1, 0.0938 min−1, 0.1227 min−1, and 0.2574 min−1 at 0, 25, 50, 125, 250, and 
500 mg L−1 SPS. Evidently, more radicals are produced at higher oxidant source concen-
trations, and this may possibly offset the competition between SMX and SPS for adsorp-
tion on the biochar’s active sites. It should be noted here that excessive oxidant concentra-
tions may be detrimental to the process due to radical scavenging effects and/or the con-
version of sulfate and hydroxyl radicals to less powerful species such as S2O8•− and O2 [49]; 
this effect was not observed at the maximum SPS concentration employed in this work. 

Subsequent experiments were performed at 250 mg L−1 SPS in order to (i) keep the 
final concentration of sulfate ions in the treated effluent as low as possible and (ii) delib-
erately prolong the reaction time to make discrepancies in activity more readily observa-
ble. Interestingly, SPS was only partially converted to sulfate radicals and ions, as can be 
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Figure 7. Removal of SMX in UPW and inherent pH as a function of (a) SPS concentration (0.5 mg L−1

SMX and 100 mg L−1 BC), (b) shows SPS consumption with 100 mg L−1 BC, (c) BC concentration
(0.5 mg L−1 SMX with and without 250 mg L−1 SPS), and (d) SMX concentration (100 mg L−1 BC
and 250 mg L−1 SPS).

Subsequent experiments were performed at 250 mg L−1 SPS in order to (i) keep
the final concentration of sulfate ions in the treated effluent as low as possible and (ii)
deliberately prolong the reaction time to make discrepancies in activity more readily
observable. Interestingly, SPS was only partially converted to sulfate radicals and ions, as
can be seen in Figure 7b; however, the concentration of radicals related to the 30-min SPS
conversion of 8% sufficed to degrade SMX.

The positive effect of increasing biochar concentration in the range 0–200 mg L−1 on
the adsorption and oxidation of 0.5 mg L−1 SMX is depicted in Figure 7c. Notably, SPS
alone in the absence of biochar resulted in 30% SMX degradation in 60 min; this is because
SPS is a mild oxidant on its own. However, the coexistence of persulfate and biochar is
clearly beneficial since persulfate is activated, producing reactive oxygen species on the
biochar surface and/or at the interfacial region or accelerating the transfer of electrons
from organic molecules through the biochar’s organic lattice. The apparent rate constants
took values of 0.046 min−1, 0.1227 min−1, and 0.546 min−1 at 50, 100, and 200 mg L−1 of
biochar, respectively.

The effect of SMX concentration in the range 0.25–1 mg L−1 is depicted in Figure 7d;
conversion decreases with increasing SMX concentration with the apparent rate constants
being equal to 0.0682 min−1, 0.1227 min−1, and 0.2483 min−1 at 1, 0.5, and 0.25 mg L−1

SMX, respectively. Although data fitting to a first-order rate expression is good and allows
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the computation of rate constants, the reaction is not true first order since the rate constant
depends on the initial concentration.

2.2.2. Effect of pH

The solution pH strongly influences the surface charge of biochar, the form of SMX,
and the activity of radicals. In this view, experiments were performed at initial pH values
varying between 3 and 9 to study the effect of pH on adsorption and oxidation, and the
results are shown in Figure 8. SMX adsorption was maximized at pH = 3 reaching 84%
removal in 30 min, while it was considerably lower at pH = 7 (29%) and 9 (19%). The
biochar whose pzc is 9.2 had its surface positively charged in a wide pH range. On the
other hand, SMX has two pKa values of 1.4 and 5.7, while its isoelectric point is 4.5 [40,50];
this means that SMX is negatively charged at pH > 5.7 and neutral at 1.4 < pH < 5.7.
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Figure 8. Effect of initial solution pH on the removal of 0.5 mg L−1 SMX in UPW with 100 mg L−1

biochar and in the presence or absence of 250 mg L−1 SPS.

This explains the high level of SMX adsorption at pH = 3, where the biochar exhibited
the higher positive charge, and the lower adsorption values at pH = 7 and 9 where the
surface was less acidic and close to neutral. On the addition of SPS, its activation is
accompanied by the formation of HSO4

−, a moderate acid, thus reducing the solution pH.
SMX oxidation is much faster than adsorption, thus proving the catalytic action of biochar.
Interestingly, complete SMX degradation can be achieved in just 10 min at pH = 3.

2.2.3. Effect of the Water Matrix

All experiments so far were performed in UPW, which is an unrealistic aqueous
matrix, free of impurities, particles, and organic and inorganic compounds. Therefore, it
was decided to test the process in various environmental matrices to assess the effect of
their complexity on SMX degradation. Figure 9 shows experiments in secondary treated
wastewater (WW), river water (RW), bottled water (BW), and seawater (SW); with the
exception of BW, where the rate of degradation is comparable to UPW, all other matrices
resulted in reduced degradation. The occurrence of various non-target inorganic and
organic species in environmental matrices gives competitive reactions with SMX for the
generated radicals, as well as the surface active sites available for adsorption [51]. Reactions
in WW may also be decreased by its alkaline pH value of 8.4, as is demonstrated in Figure 8.
Reduced rates in SW may partially be attributed to the high salinity and the presence of
high amounts of different inorganic ions and carbon. On the contrary, the presence in
BW of cations like Ca2+, which interact positively with the catalyst surface and especially
carbonate species, may explain the similar reactivities recorded in UPW and BW.
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Figure 9. Effect of water matrix on the degradation of 0.5 mg L−1 SMX with 100 mg L−1 biochar and
250 mg L−1 SPS at inherent pH.

To shed more light on the influence of different matrix species, experiments were
performed in UPW spiked with bicarbonate, chloride, or humic acid (HA), and the results
are shown in Figure 10. Bicarbonate at 250 mg L−1 (i.e., concentration that matches
that in BW and WW) has practically little effect, leading to 90% SMX degradation in
30 min. Although bicarbonate may scavenge sulfate and hydroxyl radicals, this is partially
compensated by the formation of carbonate radicals, i.e., Equations (5) and (6):

HCO−3 + SO•−4 ↔ SO2−
4 + CO•3 + H+ (5)

HCO−3 + HO• ↔ CO•3 + H2O (6)
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Figure 10. Degradation of 0.5 mg L−1 SMX with 100 mg L−1 biochar and 250 mg L−1 SPS in UPW
and inherent pH as a function of (a) spiked chloride, bicarbonate, or humic acid; (b) Chloride spiked
at various concentrations.

Interestingly, chloride at 250 mg L−1 favors SMX degradation; the computed apparent
rate constant increased from 0.1227 min−1 in UPW to 0.2168 min−1 at 250 mg L−1 chloride
and remained unchanged at concentrations up to 1000 mg L−1 (Figure 10b). This effect
is ascribed to the formation of Cl2/HOCl/Cl• [52], which stimulate the reaction rate as
described in Equations (7)–(9):

2Cl− + HSO−5 + H+ → SO2−
4 + Cl2 + H2O (7)

Cl− + HSO−5 + H+ → SO2−
4 + HOCl (8)

SO•−4 + Cl− ↔ SO2−
4 + Cl• (9)
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Although a large excess of Cl− could intercept/interrupt the production of Cl• and
facilitate the formation of the less reactive Cl2•−, thus causing reduced rates [53], this has
not been observed in this study for the range of chloride concentrations spiked in UPW;
however, this effect may be associated with the reduced rate recorded in SW. Other studies
have reported the formation of HOCl/Cl2 through a mechanism of two-stage electron
transfer [54] leading to the fast abatement of SMX and ciprofloxacin [55]. Also of interest is
the reported reactivity of active chlorine species against organic pollutants having excess
electron molecular moieties [56,57]. Moreover, enhanced reaction rates of pharmaceuticals
have been related to the increased ionic strength induced by chloride [58]. Finally, the pair
HO•/HOCl•− (Equation (10)) may contribute to rate enhancement [59]:

HOCl•− ↔ •OH + Cl− (10)

Figure 10a also shows the detrimental effect of HA on SMX degradation; HA was
spiked in UPW to simulate the natural organic matter typically found in waters, while
its concentration was selected to match the organic carbon content of WW. Humic acid
competes with SMX for either the surface active sites for adsorption and/or the precious
oxidants, and this presumably decreases SMX degradation.

2.2.4. Effect of the Type of Pharmaceutical

To assess process applicability to treat other pharmaceuticals, the decomposition of
losartan (LOS), valsartan (VAL), and dexamethasone (DEX) at initial concentrations of
0.5 mg L−1 was examined. LOS, primarily employed to treat high blood pressure, belongs
to angiotensin receptor blockers. These compounds are partly metabolized and have been
detected in wastewater treatment plants [60–62], hospital discharges [63], rivers [64], and
seawater [65] at concentration levels from ng L−1 to µg L−1. VAL, which is also used to
regulate blood pressure [66], accumulates in the environment through feces and urine
and has been detected in the natural ecosystem at concentration levels from ng L−1 to
µg L−1 [67,68]. DEX is a corticosteroid drug that is used to treat severe allergies, asthma,
rheumatic problems, and skin diseases, amongst other diseases, and is mainly detected in
the sewage of hospitals and pharmaceutical centers [69].

Figure 11 shows the relative reactivity of the four drugs, which decreases in the order:
SMX > LOS > VAL > DEX. The ionization state of each compound plays an important
role for the adsorption and oxidation, as has already been discussed in Section 2.2.2. The
pKa values of LOS, VAL, and DEX are 4, 3.6, and 1.2, respectively [66,70], which are lower
than the upper value of SMX. This trend was followed in the degradation experiments,
pointing out that the physicochemical properties of SMX favor its interactions with the
biochar surface. Depending on the compound, the biochar can be more or less effective
for its degradation. The selectivity of the biochar can be influenced by the speciation of
the antibiotic. The acidity of the surface, and thus the solution pH, is one of the crucial
parameters for the selectivity of the biochar in the oxidation of different antibiotics. This is
the first evidence that oxidation is surface-sensitive and mainly occurs on the surface and
interface of the biochar. In this respect, further experiments were performed to investigate
possible mechanisms.

2.3. Degradation Mechanism
2.3.1. Electrochemical Characterization

In general, degradation of pollutants by AOPs can occur via different mechanisms
including radical and non-radical pathways. To investigate the possible contribution of
an electron transfer mechanism to SMX degradation, electrochemical measurements were
performed [71], where the biochar was employed as an anodic electrode.
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Figure 11. Degradation of 0.5 mg L−1 of various pharmaceuticals with 100 mg L−1 biochar and 250 
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As depicted from the linear sweep voltammetry (LSV) curves (Figure 12a), the addition
of 250 mg L−1 SPS to the solution (BC/SPS system) caused an increase in current density,
indicating an interaction of SPS with the electrode surface due to the creation of metastable
reactive complexes. A similar trend was recorded in the presence of 0.5 mg L−1 SMX
(BC/SMX system), revealing charge flow between the organic molecule, which acts as an
electron donor, and the electrode, and this possibly enhances degradation. A noteworthy
current-density intensification was observed with the coexistence of the oxidant and the
organic molecule (BC/SPS/SMX system), verifying the formation of an electron transfer
pathway based on the establishment of a ternary interfacial complex between SMX, SPS,
and BC surface groups. This increment in the charge transfer rate may be due to the easier
and faster electron loss from the organic molecule towards the anode due to the redox
potential change of the electrode in the presence of SPS, facilitating the direct oxidation of
SMX by the biochar.

Then, an amperometry measurement was carried out, applying a voltage of 0 V (vs.
Ag/AgCl) in the presence of 0.1 M Na2SO4 electrolyte in order to accurately determine
the electron transfer between the catalyst, SPS, and SMX, as well as the direction of flow.
According to Figure 12b, the addition of 250 mg L−1 SPS caused a dramatic current aug-
mentation (from −0.25 mA to −1.4 mA), which is equivalent to a strong electron flow
between the biochar and the oxidant and the function of SPS as an electron acceptor. In
contrast, the following addition of 0.5 mg L−1 SMX resulted in a slight current decrease,
thus revealing the electron displacement from the organic molecule to the BC/SPS complex,
either to the carbonaceous surface, directly to the adsorbed SPS, or to the adsorbed SPS via
the carbonaceous surface acting as an electron bridge. In this case, the possibility of the
formation of a ternary complex, which favors electron transfer, can be supported [72].

In general, heterogeneous electron transfer is facilitated when the catalyst is charac-
terized by high electrical conductivity. In this light, the charge transfer resistance (RCT)
of the material was examined using electrochemical impedance spectroscopy (EIS). The
Nyquist plots for various conditions are given in Figure 12c, where the imaginary part of the
impedance is represented as a function of its real part for the frequency range 0.1–105 Hz by
imposing a voltage of 0.2 V, which is sinusoidally perturbed with an amplitude of 0.01 V. In
each curve, there is an incomplete semicircle whose diameter expresses the RCT. Electrical
conductivity is inversely proportional to the length of the diameter. When 250 mg L−1 SPS
or 0.5 mg L−1 SMX are added, the diameter diminishes, equating to a greater mobility of
charge carriers. In fact, when the oxidant and the organic molecule coexist, the resistance
decreases further, confirming the charge flow in the BC/SPS/SMX system.
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In summary and based on the above analysis, the following electron transfer mecha-
nism can be proposed in the BC/SPS system for the SMX decomposition:

BC + S2O2−
8 →

[
BC− S2O2−

8

]
(11)

[
BC− S2O2−

8

]
e−from BC to PS−−−−−−−−−→ BCox + 2SO2−

4 (12)

SMX + BCox
e−from SMX to BC−−−−−−−−−−→ BC + SMXox (13)

SMX +
[
BC− S2O2−

8

]
e−from SMX to PS

through BC
−−−−−−−−−−−−−→ SMXox + BC + 2SO2−

4 (14)

where [BC–S2O2−
8 ] symbolizes the BC–PS complex, BCOX is the oxidation state of the

biochar, and SMXOX is the oxidized form of SMX and intermediates. The regions of
the carbon surface characterized by high electron density contribute to the creation of
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active centers, consequently initiating the interaction between biochar and SPS and finally
resulting in the formation of surface-bound complexes (Equation (11)). This is followed by
internal electron transfer within the complex (Equation (12)) and electron uptake into the
SPS by SMX through the carbon structure of biochar (Equations (13) and (14)). Therefore,
SMX oxidation is achieved, to a certain extent, regardless of the existence of active oxidizing
species such as HO•, SO4

•−.

2.3.2. Effect of Scavengers

To estimate the radical pathway and the participation of singlet oxygen, 1O2, [73],
degradation experiments were conducted in the presence of 10 g L−1 methanol and t-
butanol in large excess (i.e., alcohol to SMX ratio of 20,000) and 100 mg L−1 sodium
azide [74,75]. In particular, methanol reacts with sulfate and hydroxyl radicals at a similar
rate, while t-butanol reacts with hydroxyl radicals at a rate that is three times greater than
with sulfate radicals [76,77]. To inhibit charge transfer via 1O2, sodium azide was used as
a quenching agent at a concentration equal to that of the biochar. Figure 13 shows that
methanol does not practically affect degradation. On the contrary, SMX degradation was
inhibited in the presence of t-butanol, implying that hydroxyl radicals were the dominant
ones in the solution, while singlet oxygen may also participate in the oxidation process,
since NaN3 seems to slow degradation.
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2.4. Biochar Reuse

To assess the stability of biochar upon repeated use, five consecutive runs were per-
formed as follows: fresh biochar at 250 mg L−1 was mixed with 300 mg L−1 SPS and
0.5 mg L−1 SMX and the mixture was left to react for 30 min. The used biochar was
removed by filtration, washed with UPW and reused in the following experiment and this
cycle was repeated four times. The 30-min SMX conversion partly decreased from 100% in
the first run to 85% in the fifth run, thus implying that the biochar can retain most of its
activity although SPS may oxidize its surface according to the electron transfer mechanism
discussed in Section 2.3.1. These results are in good agreement with previous studies
reporting good stability of alike biochars [78].

3. Materials and Methods
3.1. Biochar Preparation

Branches of lemon tree were collected from the area of Patras, W. Greece, and lemon
stalks were separated and dried in an oven at 105 ◦C for 2 d to remove moisture. The dried
biomass was fragmented, weighed, and pyrolyzed at 850 ◦C using a cylindrical ceramic
vessel (LH 60/12, Nabertherm GmbH, Lilienthal, Germany). The vessel was sealed with
a ceramic lid to reduce oxygen by up to 20% of the quantity required for the complete
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burning of biomass. The biochar mass obtained after pyrolysis was 26% of the starting
biomass. Finally, the biochar was sieved, and the fraction with particles < 75 µm in diameter
was used to conduct experiments. For preliminary runs, other parts of the lemon tree were
also used to prepare biochar, e.g., leaves (pyrolyzed at 850 ◦C and 400 ◦C) and branches
(pyrolyzed at 850 ◦C).

3.2. Biochar Characterization

The N2 adsorption-desorption isotherms at liquid N2 temperature were used for the de-
termination of specific surface area (SSA) and pore size distribution (Tristar 3000 porosime-
ter, Micromeritics, Norcross, GA, USA). The point of zero charge was measured with the
Potentiometric Mass titration technique (Tim Talk 8 Radiometer, Copenhagen, Denmark).
A scanning electron microscope (SEM) (FEI Quanta 250 FEG, Hillsboro, OR, USA) worked
under various pressures (10–4000 Pa). X-ray diffraction (XRD) patterns were recorded in a
Bruker D8 (Billerica, MA, USA). An advance diffractometer was equipped with a nickel-
filtered CuKa (1.5418 Å) radiation source. Fourier transform infrared (FTIR) spectroscopy
was performed using a Perkin Elmer Spectrum RX FTIR system (Waltham, MA, USA). The
measurement range was 4000–400 cm−1. More details about the characterization can be
found in [79].

3.3. Electrode Preparation

Anodic materials for electrochemical measurements were prepared mixing 270 mg of
biochar with 30 mg of carbon black; the latter was employed to achieve increased electrode
stability and electrical conductivity. The mixture also had 100 mg PTFE added to guarantee
the binding of the deposition material to the electrode surface. Ten mL of isopropanol
was then added to the solid mixture under magnetic stirring, and this was subject to
ultrasonic treatment for 30 min to dissolve PTFE. An electric mixer was operated for 10 min
at 7000 rpm to establish a stable, homogenous suspension. Due to the mixture’s insolubility
in the solvent, the material was deposited on the carbon cloth using an electronic pipette,
with the active electrode area being 9 cm2 (3 cm × 3 cm). To ensure successful deposition
of the carbonaceous mixture on the organic substrate, the electrode was first placed into an
oven at 105 ◦C for 15 min and then into a furnace at 340 ◦C for 20 min. The electrochemical
characterization was performed with an Autolab potentiostat PGSTAT128N (Utrecht, The
Netherlands). When needed, an Ag/AgCl electrode was used as a reference electrode.

3.4. Chemicals and Aqueous Matrices

Sulfamethoxazole (SMX, C10H11N3O3S, analytical standard, C.A.S. number: 723–46–6),
Valsartan (VAL, C24H29N5O3 analytical standard, C.A.S. number: 137862-53-4), Losartan
(LOS, C22H23ClN6O analytical standard, C.A.S. number: 114798-26-4), Dexamethasone
(DEX, C22H29FO5 analytical standard, C.A.S. number: 50-02-2), sodium persulfate (SPS,
Na2S2O8, 99 +%, C.A.S. number: 7775-27-1), sulfuric acid (H2SO4, 95 wt%), sodium hydrox-
ide (NaOH, 98 wt%), tert-butanol (t–BuOH, C.A.S. number: 75-65-0), methanol (MeOH,
99.9%, C.A.S. number: 67-56-1), sodium azide (NaN3, C.A.S. number: 26628-22-8), humic
acid (HA, C.A.S. number: 1415-93-6), sodium chloride (NaCl, C.A.S. number: 7647-14-
5), and sodium bicarbonate (NaHCO3, C.A.S. number: 144-55-8) were purchased from
Sigma–Aldrich (St. Louis, MO, USA).

Most of the experiments were performed in ultrapure water (UPW, pH = 5.9, conductiv-
ity = 18.2 MΩ−1 cm−1), while other matrices included: (i) commercially available bottled wa-
ter (brand name: ZAGORI) (BW, pH = 7.6, conductivity = 359 µS cm−1, TDS = 260 mg L−1, to-
tal hardness (CaCO3) = 219 mg L−1, Cl− = 4.3 mg L−1, SO4

2− = 9.2 mg L−1,
HCO3

− = 244 mg L−1, NO3
− = 1.93 mg L−1, Mg2+ = 3.1 mg L−1, Ca2+ = 83 mg L−1,

K+ = 1 mg L−1 and Na+ = 2.9 mg L−1); (ii) seawater (SW) collected from a coastal area
in Patras city, W. Greece; (iii) surface water collected from river Glafkos, Patras city, W.
Greece (RW, pH = 8.1, conductivity = 283 µS cm−1, TSS = 17 mg L−1, VSS = 7 mg L−1,
COD = 3.8 mg L−1, SO4

2− = 8 mg L−1, NO3
− = 0.9 mg L−1, Cl− = 1 mg L−1, NH3 < 1 mg L−1);
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and (iv) secondary effluent taken from the WWTP of University of Patras (WW,
COD = 48.5 mg L−1, TOC = 2.5 mg L−1, TSS = 22 mg L−1, HCO3

− = 278 mg L−1,
Cl− = 262.4 mg L−1, PO4

3− = 15 mg L−1, Br− = 165.6 mg L−1, Ca2+ = 112 mg L−1).

3.5. Experimental Procedure

A 50 mg L−1 stock solution of SMX in UPW was used to prepare the working solutions
at the desired concentration and matrix. Experiments were performed in a 250 mL beaker
made of borosilicate glass, and the working volume was 120 mL under continuous magnetic
stirring. Liquid samples of about 1.2 mL were withdrawn at regular intervals, then 0.3 mL
of methanol was added to quench the reaction, and it was finally filtered with a 0.22 µm
pore diameter filter (PVDF, Whatman). For those experiments performed at pH values
other than the inherent, adjustment was done adding the appropriate volume of acid or
alkali. A similar approach was followed with pharmaceuticals other than SMX.

Apparent rate constants were computed assuming that the oxidation follows a pseudo-
first-order kinetic model:

ln C = ln Co − kappt (15)

where C and Co is SMX concentration at t = t and t = 0, respectively, and kapp is the apparent
rate constant.

3.6. Analytical Methods

SMX concentration was monitored with high-performance liquid chromatography
using a Waters Alliance 2695 system equipped with (i) a gradient pump (Waters 2695,
Milford, PA, USA), (ii) a photodiode array detector (Waters 2996, Milford, PA, USA), (iii) a
Kinetex C18 100A column (150 × 3 mm; 2.6 µm particle size) (Phenomenex, Torrance, CA,
USA) where separation was achieved, and (iv) a 0.5 µm inline filter (KrudKatcher Ultra,
Phenomenex, Torrance, CA, USA). The elution of the kinetic phase was done isocratically
at a flowrate of 0.25 mL min−1 at 45 ◦C and consisted of 75% UPW (0.1% phosphoric acid)
and 25% acetonitrile. The injection volume was 100 µL.

4. Conclusions

The valorization of citrus residues can produce carbonaceous materials, such as
biochar, which can act as catalysts to activate persulfate and break down emerging micro-
pollutants, such as antibiotics. In this work, a highly active and stable biochar was produced
from lemon stalks through pyrolysis at 850 ◦C and used for the removal of sulfamethoxazole
by adsorption/oxidation. The main conclusions are summarized as follows:

(1) Biochar characterization by various techniques gives useful information regarding its
composition, as well as its structural and electronic properties; such information can
be related to its activity and associated mechanisms (i.e., radical and electron transfer)
for persulfate activation and subsequent SMX degradation. Specifically, the biochar
has a significant amount of calcium carbonate, moderate SSA, and a pzc value 9.2. A
total of 100% degradation of SMX can be achieved under pH = 3, 100 mg L−1 biochar,
and 250 g L−1 SPS.

(2) Process efficiency is dictated by the interactions between the properties of the biochar,
the organic pollutant, the oxidant source, and the water matrix. This interplay eventu-
ally determines the dominant reaction pathways and kinetics.

(3) Although several operating variables may determine efficiency to various degrees,
particular emphasis must be given to the water matrix effect; this usually is underes-
timated since studies are mainly performed at conditions that are not environmen-
tally realistic.

(4) The biochar can be applied in more realistic applications, although higher amounts of
biochar may be needed.
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Abstract: In recent years, advanced oxidation processes (AOPs) demonstrated great efficiency in
eliminating emerging contaminants in aqueous media. However, a majority of scientists believe that
one of the main reasons hindering their industrial application is the low efficiencies recorded. This can
be partially attributed to reactive oxygen species (ROS) scavenging from real water matrix constituents.
A promising strategy to cost-effectively increase efficiency is the simultaneous use of different
AOPs. Herein, photocatalysis and sodium persulfate activation (SPS) were used simultaneously
to decompose the antibiotic sulfamethoxazole (SMX) in ultrapure water (UPW) and real water
matrices, such as bottled water (BW) and wastewater (WW). Specifically, copper-promoted BiVO4

photocatalysts with variable CuOx (0.75–10% wt.) content were synthesized in powder form and
characterized using BET, XRD, DRS, SEM, and HRTEM. Results showed that under simulated
solar light irradiation alone, 0.75 Cu.BVO leads to 0.5 mg/L SMX destruction in UPW in a very
short treatment time, whereas higher amounts of copper loading decreased SMX degradation. In
contrast, the efficiency of all photocatalytic materials dropped significantly in BW and WW. This
phenomenon was surpassed using persulfate in the proposed system resulting in synergistic effects,
thus significantly improving the efficiency of the combined process. Specifically, when 0.75 Cu.BVO
was added in BW, only 40% SMX degradation took place in 120 min under simulated solar irradiation
alone, whereas in the solar/SPS/Cu.BVO system, complete elimination was achieved after 60 min.
Moreover, ~37%, 45%, and 66% synergy degrees were recorded in WW using 0.75 Cu, 3.0 Cu, and
10.0 Cu.BVO, respectively. Interestingly, experimental results highlight that catalyst screening or
process/system examination must be performed in a wide window of operating parameters to avoid
erroneous conclusions regarding optimal materials or process combinations for a specific application.

Keywords: photocatalysis; sodium persulfate; antibiotics; water treatment; hybrid system; water matrix

1. Introduction

In the last decade, scientists have pointed out the urgent need to develop and apply
new wastewater treatment technologies able to eliminate emerging contaminants such as
pharmaceuticals and endocrine-disrupting compounds (EDCs) detected at trace levels in
environmental systems [1–4]. To this end, the European Commission is currently reviewing
urban wastewater treatment and is considering including, where possible, requirements
for elimination of micropollutants from domestic wastewater. Specifically, in early 2022,
the Commission stated that drinking water across the EU should be monitored more
closely for the possible presence of two endocrine disruptors (β-estradiol and nonylphenol)
throughout the water supply chain, with more chemical substances expected to be added
to this “watch-list” soon.

To address this challenge, the application of advanced oxidation processes (AOPs) in-
volving the in situ production of reactive species, which degrade organic matter in efficient
and usually non-selective ways, has attracted researchers’ interest. AOPs constitute a family
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of similar (but not identical) processes including heterogeneous photocatalysis, electro-
chemical oxidation, (photo) Fenton, UV/oxidants, ozonation/H2O2, and ultrasound [1,5].

Among AOPs, heterogeneous photocatalysis is probably considered the greenest
technology, as it has the potential to use sunlight to initiate reactions for micropollutant
degradation. Moreover, it eliminates the requirement for a constant supply of precursor
chemicals, making it particularly attractive for applications in remote places [6,7]. Sul-
famethoxazole (SMX), a well-known antibiotic identified in surface water, has been the
subject of many studies regarding the efficiency of photocatalytic systems [8,9]. Parabens,
another class of emerging contaminants found in various environmental matrices, have
been photocatalytically treated with promising results [10,11].

However, photocatalytic industrial applications in wastewater treatment are still mini-
mal. The already reported low quantum yields are mainly attributed to the small portion
of reactive oxygen species (ROS) generated in a photocatalytic system that eventually
participates in the degradation reactions. This observation is strongly related to scavenging
phenomena due to the presence of a significant variety of organic and inorganic species in
real water matrices not considered in most studies carried out in UPW [2,6]. The majority
of photocatalytic systems exhibit significantly lower performance in water matrices of
environmental concern than in UPW; therefore, the effect of the water matrix is a crucial
criterion that should be taken into account to make photocatalysis more attractive for com-
mercial applications. Another factor that suppresses photocatalytic efficiency is the high
recombination rate of photogenerated species that characterizes most visible light active
semiconductors used as photocatalysts. In attempts to deal with this, many new materials
configurations, such as heterojunctions, doped samples, and so on, were introduced as
a promising approach to enhance photocatalytic quantum yield [12–15]. However, the
photocatalytic materials with improved properties were not necessarily accompanied by
higher performance regarding pollutant decomposition.

To overcome these limitations, some researchers suggested that photocatalysis could
be applied together with other AOPs, such as persulfate oxidation [3]. In persulfate oxida-
tion, sulfate radicals (SO4

•−) are produced after persulfate activation. Typically, heat or
UV irradiation is used to break O-O bonds in the persulfate structure and the formation of
SO4

•− [16]. However, to decrease the energy requirements, an alternative activation method
involving reactions with transition metals has been proposed in recent years [17]. The bene-
fits of that process are multiplied when the system transition metal/persulfate works hetero-
geneously, as it avoids secondary pollution due to metal leaching. At first, the most promis-
ing results were from using copper or cobalt-based oxides as heterogeneous activators [18].
In recent studies, other configurations, such as phosphides [19] or perovskites [20], have
shown high catalytic performance in micropollutant degradation systems. For example,
diclofenac degradation in water was studied in a peroxymonosulfate/LaFeO3 hetero-
geneous system [21], and lanthanum cobaltite perovskite was proposed as a promising
peroxymonosulfate activator for carbamazepine degradation [22].

The addition of persulfate in a photocatalytic system has a potential dual benefit.
Persulfate can react with photogenerated electrons, thus suppressing the recombination
rate and enhancing photocatalytic reaction rate. At the same time, it can be activated by
light irradiation and the appropriate photocatalytic material, producing highly reactive
sulfate radicals that can participate in micropollutant degradation. However, the maximum
benefit is gained only if the interaction between the two systems results in a synergistic,
rather than cumulative, effect.

Taking the aforementioned into consideration, in the present study, SMX degradation
was tested in a hybrid solar/SPS/CuOx/BiVO4 system in real water matrices. Copper-
promoted BiVO4 samples were selected as photocatalysts based on our previous studies
that showed, on the one hand, their high photocatalytic efficiency for micropollutant
degradation in ultrapure water (UPW). However, the oxidation of pollutants was in-
hibited in secondary effluent (WW) [23]. On the other hand, previous studies showed
the demonstrated activity of copper configurations as efficient heterogeneous persulfate
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activators [19,24]. Specifically, excellent results have been reported for a CuO/persulfate
system for 2,4-dichlorophenol degradation and a magnetic CuO-Fe3O4/persulfate system
for phenol degradation [25,26]. Furthermore, apart from CuOx formulations, an up-to-date
work proved the applicability of Cu3P as a heterogeneous sodium persulfate (SPS) acti-
vator for the degradation of the antibiotic agent sulfamethoxazole (SMX) [19]. Based on
these findings, and considering the low cost and toxicity of copper, CuOx was adopted in
the present system. Monoclinic bismuth vanadate (mBiVO4) has been recognized as one
of the most promising photocatalysts. This is due to its narrow band gap of 2.3–2.5 eV,
low synthesis cost and low toxicity [23,27]; mBiVO4 has been used in various photocat-
alytic applications such as decomposition of micropollutants, production of hydrogen
through water splitting, and elimination of pathogenic microorganisms [28,29]. However,
the photocatalytic efficiency of mBiVO4 is very low, due to the high recombination rate
of photogenerated electrons and holes [30]. Kanigaridou et al. [23] mentioned the bene-
ficial role of copper oxide coupling with BiVO4 in the photocatalytic destruction of the
endocrine disruptor bisphenol A (BPA). They reported that the apparent rate constant (kapp)
in 0.75 wt% CuOx/BiVO4 was almost twice the kapp of pure BiVO4 [23].

The main goal of the present study is to add important information regarding the effi-
ciency of the hybrid photocatalytic/persulfate system for effective micropollutant degrada-
tion in water to the literature. As far as we know, this is the first time that SMX degradation
has been studied in real water matrices in the proposed hybrid system. The novelty of the
present study also lies in the fact that photocatalysts were tested in all water matrices, thus
avoiding misleading conclusions arising from the fact that in most reported studies the
screening of photocatalytic materials takes place only in ultrapure water.

Copper-promoted BiVO4 samples were synthesized using a polyol-reduction method
and characterized utilizing BET, XRD, DRS, TEM/HRTEM, and SEM/EDS. The effective-
ness of the hybrid solar/SPS/CuOx/BiVO4 system for SMX degradation was studied in
ultrapure water (UPW), bottled water (BW), and secondary treated wastewater (WW).

2. Results and Discussion

According to XRD analysis, all photocatalysts used in the present study are character-
ized by the scheelite-monoclinic phase of BiVO4 (JCPDS No. 14-0688) with no additional
peaks due to copper species being discerned in copper-promoted samples. Characteristic
XRD patterns of pure BiVO4 and 3.0 Cu.BVO are shown in Figure 1.
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Their specific surface area, as determined utilizing the BET method, was found to be
<2 m2/g in accordance with previous studies [31]. The samples’ optical properties were
examined employing UV-Vis DRS, as shown in Figure 2; it is observed that pure BiVO4 can
absorb light at wavelengths < 550 nm, corresponding to an optical band gap of 2.25–2.30 eV.
The addition of copper does not significantly alter the position of the absorption edge,
but it leads to increased absorption at longer wavelengths, which increases as Cu content
increases. Their morphology was further examined through SEM/EDS and TEM/HRTEM
analysis, as shown in Figure 3. SEM images of the 0.75 Cu.BVO and 3.0 Cu.BVO catalysts
with EDS mapping of Cu (Figure 3A–D) show that copper is homogeneously distributed on
the surface of BiVO4. Similar results were obtained for all copper-promoted samples (not
shown for brevity). The HR-TEM image of pure BiVO4 (Figure 3F) shows the interplanar
spacings of 0.31 nm and 0.47 nm, which correspond to the (121) and (110) planes of
monoclinic BiVO4, respectively. The presence of the CuO phase with a crystal size of
less than 5 nm was confirmed for the 3.0 Cu.BVO sample. As shown in Figure 3E, CuO
nanoparticles are uniformly dispersed on the BiVO4 surface and are in intimate contact
with the BiVO4 nanocrystals. Qualitatively similar results were obtained for xCu.BVO
samples with lower Cu loading. It should be noted, however, that the presence of Cu2O
nanoparticles should not be excluded. This is because of the low crystallinity of the
observed CuOx nanoparticles and the quite similar (0.25 nm and 0.24 nm) d-spacing values
of the (111) planes of the CuO and Cu2O phases. Details concerning their physicochemical
characteristics can be found elsewhere [23,32].

In order to assess the photocatalytic efficiency of the samples, a set of experiments
dealing with 0.5 mg/L SMX photodecomposition under solar irradiation in UPW was un-
dertaken. As shown in Figure 4A, 0.75 Cu.BVO is the most photocatalytically active copper-
promoted sample; its kapp is equal to 0.0991 min−1. Further addition of copper species did
not favor SMX degradation, resulting in lower kapps equal to 0.0062 and 0.0079 min−1 in
3.0 Cu.BVO and 10.0 Cu.BVO, respectively. The observed lowering of photocatalytic activ-
ity at higher copper oxide loadings can be attributed to the formation of bulk agglomerates
which act as recombination centers and hinder the irradiation of BiVO4, thus lowering the
number of photogenerated species [33–35].
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Figure 4. Apparent kinetic constants for Cu.BVO photocatalysts in (A) UPW, (B) BW, and WW.
Experimental conditions: 0.5 mg/L SMX, 100 mg/L SPS, and 500 mg/L catalyst.
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On the contrary, as shown in Figure 4B, apparent kinetic constants for all copper load-
ings tested were some orders of magnitude lower in real water matrices due to the presence
of co-existing inorganic and organic ions competing with SMX for ROS [36] and catalyst
surface. Specifically, in BW, 0.75 Cu.BVO was also the best performing photocatalytic mate-
rial; however, its kapp was found to equal 0.0433 min−1. Interestingly, its kapp decreased to
0.0191 min−1 for 3.0 Cu.BVO, whereas it was found to equal 0.0227 min−1 for 10.0 Cu.BVO.
This observation implies that the optimum loading of a co-catalyst, such as metal oxides, is
closely connected with the experimental parameters, such as water matrix, in agreement
with other studies [37]. This behavior was further confirmed by experiments carried out in
WW. As shown in Figure 4B, SMX degradation was faster when a copper-promoted sample
with higher copper loading, 10.0 Cu.BVO, was used. In addition, a 0.75 Cu.BVO sample
that showed the best photocatalytic results in UPW and BW was now characterized by
the lowest kapp. In general, retarding phenomena were more intense in WW than in BW,
making SMX degradation practically non-viable.

In order to moderate hindering phenomena in real water matrices, SPS was added to
the photocatalytic system, and the degree of synergy was quantified. At first, the efficiency
of the hybrid system solar/SPS/catalyst was studied in UPW; results are shown in Figure 5.
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Figure 5. Removal of SMX using solar/SPS, solar/catalyst, SPS/catalyst, and solar/SPS/catalyst for
(A) 0.75 Cu.BVO, (B) 3.0 Cu.BVO, and (C) 10.0 Cu.BVO in UPW. Experimental conditions: 0.5 mg/L
SMX, 100 mg/L SPS, and 500 mg/L catalyst.

Figure 5A illustrates that 0.75 Cu.BVO is characterized by high photocatalytic ac-
tivity which resulted in complete 0.5 mg/L SMX decomposition after 30 min of irra-
diation (solar/0.75 Cu.BVO system). Considering its activity toward SPS activation
(SPS/0.75 Cu.BVO), SMX degradation did not exceed 60% in 60 min. SPS activation
was more restricted using solar irradiation alone (solar/SPS). When solar irradiation and
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SPS were applied together, complete SMX removal was achieved in 30 min, resulting in
a zero synergy degree. In contrast, Figure 5B and Table 1 show that for 3.0 Cu.BVO the
combined process resulted in 71% synergy.

Table 1. Apparent kinetic constants and synergy degree for all CuOx loadings examined in UPW, BW,
and WW.

Matrix ktotal, 10−2 min−1 S (%) R2

0.75 Cu.BVO
UPW 11.33 0 0.998
BW 4.33 75.5 0.966
WW 0.67 37 0.984

3.0 Cu.BVO
UPW 9.95 71.6 0.989
BW 2.27 61.1 0.968
WW 0.92 45 0.997

10.0 Cu.BVO
UPW 8.45 68.2 0.975
BW 1.91 70.4 0.932
WW 0.85 66.5 0.951

Considering the individual processes, 3.0 Cu.BVO was less photocatalytically active
and moderately activated SPS. Qualitatively similar results were obtained for 10.0 Cu.BVO
(Figure 5C). Moreover, the amount of copper leached in the liquid phase in the solar/CuOx/SPS
system was determined to be very low at the end of the run, corresponding to only
0.2% of the Cu contained in the 500 mg/L of the sample with the higher copper content
(10.0 Cu.BVO).

Results for the combined processes are summarized in Figure 6; complete SMX degra-
dation occurred in 30 min of irradiation for all catalysts tested. This is attributed to the high
photocatalytic activity of 0.75 Cu.BVO and the existence of powerful synergistic effects in
samples with higher copper loading.
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Figure 6. Effect of copper loading on (A) SMX removal and (B) synergy constant S in solar/SPS/
catalyst systems in UPW.

In order to gain insight into the efficacy of the present system towards SMX degrada-
tion, Table 2 summarizes the main characteristics of other solar/SPS/photocatalyst systems
demonstrating SMX degradation. Kemmou et al. [38], who studied the degradation of
0.5 mg/L SMX using -activated persulfate, reported longer time periods required for com-
plete SMX degradation than those reported in Figure 5. Alexopoulou et al. [19] used Cu3P
as a heterogeneous persulfate activator. They found that SMX degrades quickly in UPW;
the degradation rate depends on parameters such as SMX, SPS, and catalyst concentra-
tions. Their results are of the same order of magnitude as the present study. Furthermore,
Yin et al. [39] found that SMX was rapidly eliminated in the vis/PDS/MIF-100(Fe) system,
and Song et al. [40] investigated the degradation of SMX in a solar/PDS/g-C3N4 system.
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Table 2. SMX degradation in different solar/SPS/photocatalyst systems.

SMX
Concentration

(Mg/L)

Catalyst
Concentration

(Mg/L)

Persulfate
Concentration

(Mg/L)

k
(Min−1)

Time Period for
Complete

Degradation (Min)
Ref.

Solar/SPS/Biochar (BC) 0.25 90 250 0.065 90 [38]
Solar/SPS/Cu3P 0.5 40 100 0.114 20 [19]

vis/PDS/MIF-100(Fe) 10 500 1000 0.012 180 [39]
solar/PDS/g-C3N4 1 500 120 0.068 60 [40]

Solar/SPS/3.0 Cu.BVO 0.5 500 100 0.099 25 Present study

SMX degradation profiles in BW under solar/SPS, solar/0.75 Cu.BVO, SPS/0.75 Cu.BVO,
and solar/SPS/0.75 Cu.BVO systems are shown in Figure 7A. In the presence of only
100 mg/L SPS under simulated solar irradiation, 40% SMX degradation was observed after
120 min, showing the limited activation of SPS by sunlight. Similar SMX removal was
recorded in the solar/0.75 Cu.BVO system. Furthermore, 0.75 Cu.BVO showed restricted
activity as a SPS activator, resulting in only 30% SMX removal in the same period. However,
when 0.75 Cu.BVO and SPS were added to the system, complete 0.5 mg/L SMX degradation
was obtained in 60 min. The synergy, as quantified by Equation (2), was 75%. Qualitatively
similar results were recorded for the 3.0 Cu.BVO sample.
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Figure 7. Removal of SMX using solar/SPS, solar/catalyst, SPS/catalyst, and solar/SPS/catalyst for
(A) 0.75 Cu.BVO, (B) 3.0 Cu.BVO, and (C) 10.0 Cu.BVO in BW. Experimental conditions: 0.5 mg/L
SMX, 100 mg/L SPS, and 500 mg/L catalyst.

Specifically, despite the higher amount of copper species on the surface of BiVO4 that
could lead to increased efficiency towards persulfate activation, SMX degradation was less
than 20% in the SPS/3.0 Cu.BVO system, as shown in Figure 7B. However, the combination
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with simulated solar irradiation strongly enhanced SMX degradation, resulting in complete
degradation after 120 min of irradiation. The degree of synergy was 61%. Considering
the efficiency of the sample with the highest copper loading towards SMX degradation in
BW (Figure 7C), it is observed that it was practically inactive in both systems examined
(solar/10.0 Cu.BVO and solar/SPS/0.75 Cu.BVO), resulting in less than 10% SMX removal.
In BW, all materials tested led to complete SMX degradation in the hybrid system, whereas
SPS activation due to sunlight was lower than 40%. In addition, copper-promoted BiVO4
samples showed low efficiency toward persulfate degradation.

Figure 8 outlines results obtained in BW in hybrid systems for all photocatalytic ma-
terials tested; SMX degradation was favored in the 0.75 Cu.BVO sample, but increasing
copper loading slowed down the degradation kinetics. In contrast, the degree of syn-
ergy was similar in all cases (Figure 8B), implying that it is independent of the process’s
overall performance.
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Figure 8. Effect of copper loading on (A) SMX removal and (B) kapp in solar/SPS/catalyst systems in BW.

Significantly lower yields were recorded in WW (Figure 9). It should be noted that in
that case, 500 mg/L SPS were added to the photocatalytic reactor. Specifically, as shown in
Figure 9A, practically no SMX degradation occurred in the solar/0.75 Cu.BVO system and
less than 20% in the SPS/0.75 Cu.BVO. SMX degradation increased to 50% in the combined
solar/SPS/0.75 Cu.BVO, resulting in 37% synergy. Synergistic rather than cumulative
effects were also observed in WW for the solar/SPS/3.0 Cu.BVO system, as shown in
Figure 9B and Table 2, with the degree of synergy increasing to 45%.

In agreement with results obtained in BW, 3.0 Cu.BVO showed very low efficiency
towards the activation of SPS (SPS/3.0 Cu.BVO). Figure 9C shows results obtained for
the 10.0 Cu.BVO catalyst; SPS cannot practically be activated either by sunlight or by
10.0 Cu.BVO in WW. However, SMX removal reaches 60% after 120 min of irradiation in
the hybrid system. In general, the SMX degradation rate was lower in WW than in BW, as
expected, due to the increased complexity of the water matrix. Interestingly, in that case
(Figure 10) 3.0 CuBVO and 10.0 Cu.BVO showed similar catalytic activity in the combined
system, whereas both the kapp and synergy degree were lower for 0.75 Cu.BVO.
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Figure 9. Removal of SMX using solar/SPS, solar/catalyst, SPS/catalyst, and solar/SPS/catalyst for
(A) 0.75 Cu.BVO, (B) 3.0 Cu.BVO and (C) 10.0 Cu.BVO in WW. Experimental conditions: 0.5 mg/L
SMX, 500 mg/L SPS, 500 mg/L catalyst.
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Figure 10. Effect of copper loading on (A) SMX removal and (B) kapp in solar/SPS/catalyst systems
in WW.

Additional experiments using appropriate scavengers for different reactive species
were performed to investigate the mechanism of SMX decomposition; results are shown in
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Figure 11. More specifically, EDTA was used to bind photogenerated holes, tert butanol
(which reacts mainly with hydroxyl radicals), and methanol (which reacts at a similar rate
with hydroxyl radicals and sulfate radicals). From Figure 11, it is evident that the presence
of t-butanol does not cause a significant inhibition. In contrast, SMX degradation was
hindered in the presence of methanol; the inhibition becomes significant when EDTA is
present in the solution, which indicates the dominant role of photogenerated holes.
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Figure 11. Effect of reactive species scavengers on SMX degradation. Experimental conditions:
0.5 mg/L SMX, 100 mg/L SPS, and 500 mg/L catalyst 3.0 Cu.BVO.

To shed light on the contribution of sulfate radicals, the consumption of SPS was
measured in the presence and absence of the photocatalyst or solar irradiation. The
consumption of SPS was significantly higher in the hybrid system than in the individual
processes, as shown in Figure 12.
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For example, after 60 min the consumption of persulfate was 7%, 14%, and 4% for
SPS/Solar, 3.0 Cu.BVO/SPS, and the hybrid 3.0 Cu.BVO/SPS/solar system, respectively.

Taking the aforementioned into consideration, the SMX degradation mechanism in the
combined process can be described as follows: Under solar light irradiation, photoproduced
pairs of electrons-holes are formed in copper-promoted BiVO4 samples. SPS can now react
with electrons in the semiconductor’s conduction band, thus forming SO4

•− which can
participate in SMX degradation. In addition, the photogenerated holes in the valence band
are now “free” to decompose SMX. Additional SO4

•− are also available in the system due
to SPS activation by sunlight. The proposed degradation mechanism is shown in Scheme 1.
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3. Materials and Methods
3.1. Chemical and Water Matrices

Sulfamethoxazole (C10H11N3O3S, CAS: 723-46-6), sodium persulfate (Na2S2O8, CAS:
7775-27-1), t-butanol (C4H10O, CAS: 75-65-0), methanol (CH3OH, CAS: 67-56-1), humic
acid (HA, CAS: 1415-93-6), sodium chloride (NaCl, CAS: 7647-14-5), sodium bicarbonate
(NaHCO3, CAS: 144-55-8), and acetonitrile (CH3CN, CAS: 75-05-8, for HPLC analysis)
were obtained from Sigma-Aldrich (St. Louis, MO, USA). Chemicals used for catalyst
preparation can be found elsewhere [23].

Apart from ultrapure water (UPW, pH = 6.5), secondary effluent from the University
of Patras campus wastewater treatment plant (WW) and commercially bottled water were
used in degradation experiments. Their main characteristics are shown in Table 3.

Table 3. Real water matrices’ characteristics.

Parameter WW BW

pH 8.0 7.4
Conductivity (µs/cm) 300 350

Sulfate (mg/L) 35 10
Chloride (mg/L) 75 8
Nitrate (mg/L) 60 10

Bicarbonate (mg/L) 180 240

3.2. Catalyst Preparation and Characterization

Copper-promoted BiVO4 photocatalysts (0.75, 3.0, and 10.0 wt.% Cu) were prepared
using a polyol-reduction method with ethylene glycol as a reductant [41]. The preparation
method is described in detail in our previous work [23,32]. Photocatalysts thus prepared
are denoted in the following as xCu.BVO, where x represents the copper loading (wt.%).

Photocatalysts were characterized through physisorption at the temperature of liquid
nitrogen (77 K) (BET method) using a Micromeritics (Gemini III 2375, Norcross, GA, USA),
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X-ray diffraction (XRD), (Brucker D8 Advance, Billerica, MA, USA), diffuse reflectance
spectra (DRS) (Varian Cary 3E, Palo Alto, CA, USA) high resolution transmission electron
microscopy (TEM) and scanning electron microscopy with an energy dispersive spectrome-
ter (SEM/EDS) (JEOL 6300, Peabody, MA, USA). High-resolution transmission electron
microscopy (HR-TEM) images were obtained using a JEOL JEM-2100 (Peabody, MA, USA)
system operated at 200 kV (resolution: point 0.23 nm, lattice 0.14 nm). Details regarding
the methodologies and procedures are available in former studies [42].

3.3. Experimental Procedure and Analytical Methods

In a typical experiment, an appropriate amount of a stock SMX solution was added to
the photocatalytic reactor, which was filled with UPW, BW, or WW (the reactor’s capacity
is 120 mL). After adding the desired amount (typically 500 mg/L) of the photocatalyst, the
system was stirred in the dark for 15 min to achieve the adsorption−desorption dynamic
equilibrium. Next, the suspension was irradiated by simulated solar irradiation using a
solar simulator (Oriel-LCS-100, 100 W Xe ozone-free lamp). The incident intensity in the
photoreactor was calculated using chemical actinometry and was found to be equal to
7.6 × 10−7 einstein/(L.s). Sampling took place at fixed times; after filtration, analysis
through high-performance liquid chromatography (HPLC) occurred.

To estimate reaction rates, SMX degradation was considered to follow a pseudo-first-
order kinetic expression (Equation (1)) [43]:

−dC
dt

= kappC ⇔ ln
C0

C
= kappt (1)

where C and C0 correspond to SMX concentration at time t = t and t = 0, respectively, and
kapp is the kinetic constant.

Persulfate consumption was measured using a Hach DR5000 (Loveland, CO, USA)
spectrophotometer according to the method proposed by Liang et al. [44].

Leaching of copper in the liquid phase was measured via atomic absorption spectrom-
eter (SHIMADZU AA-6800, Kyoto, Japan).

The degree of synergy, S, was quantified according to the following equation
(Equation (2)) [45]:

S(%) =
kcombined −∑n

i ki

kcombined
× 100 (2)

S




> 0, synergistic effect
= 0, cumulative effect
< 0, antagonistic effect

4. Conclusions

Summarizing, this work examines the possible synergy of the SPS/CuOx.BiVO4
system in the presence of simulated solar irradiation. According to the results, using an
oxidant, such as persulfate, to improve the performance of the combined process seems
promising, making the combined process more attractive for real aqueous matrices where
the separate processes show significantly reduced performance.

In recent years, research has shifted to conditions that simulate real problems. Ideally,
the evaluation of both catalytic materials and processes must be performed holistically by
including parameters such as performance under different conditions, cost and reusability
of the materials, toxicity, and environmental and energy costs.

In this light, and inspired by previous research, this work shows that the simultaneous
use of more than one process seems to be a promising solution that overcomes some of
the disadvantages of individual processes. However, it is not the de facto optimal solution
proposed for all cases.

Since the performance of both materials and processes depends to a vast extent on
the conditions, the evaluation of materials or systems must be performed according to the
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problem in question and in a range of experimental or operational conditions. Uncritical
evaluation or adoption of optimal conditions from unrepresentative experiments can lead
to incorrect conclusions.

The main conclusions extracted from the present study can be summarized as follows:

(1) The hybrid system, solar/SPS/CuOx.BiVO4, leads to significantly improved photocat-
alytic yields than the individual systems (solar/CuOx.BiVO4 and SPS/CuOx.BiVO4),
considering SMX degradation in real water matrices.

(2) In real water matrices, the interaction between the photocatalytic-persulfate system
and matrix components results in a synergistic rather than a cumulative effect, with a
high degree of synergy. Using combined technologies seems to be preferred in very
complex aqueous matrices where the competition for available oxidizing species and
the catalyst surface are maximized.

(3) The complexity of the water matrix determines the best performing catalytic material;
0.75 Cu.BVO showed the highest efficiency in UPW and BW, whereas 3.0 Cu.BVO and
10.0 Cu.BVO were characterized by higher activity in WW.
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