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Preface to ”New Frontiers in Anaerobic Digestion
(AD) Processes”

Anaerobic digestion (AD) is widely used to process a variety of organic materials, but a major

share of its full potential currently remains unlocked. This Special Issue of the journal Processes

explores recent developments and advanced concepts related to the valorisation of biomass through

the application of anaerobic digestion. Biological phenomena, the efficiency of the AD process, the

viability of full-scale AD installations, the integration of hydrogen and biomethane concepts, and

biorefineries are some of the themes covered. While AD is addressed under different perspectives, the

results all strengthen AD to fulfil its important role as a sustainable and highly versatile technology.

Further research and development needs are also presented. The reader is invited to study the

publications in detail.

Sonia Heaven, Sigrid Kusch-Brandt, and Charles Banks

Editors
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Editorial

Unlocking the Full Potential: New Frontiers in Anaerobic
Digestion (AD) Processes
Sigrid Kusch-Brandt 1,2,* , Sonia Heaven 1,* and Charles J. Banks 1

1 Water and Environmental Engineering Group, University of Southampton, Southampton SO16 7QF, UK;
c.j.banks@soton.ac.uk

2 Faculty of Mathematics, Natural Sciences and Management, University of Applied Sciences Ulm,
89075 Ulm, Germany

* Correspondence: mail@sigrid-kusch.eu (S.K.-B.); s.heaven@soton.ac.uk (S.H.)

Anaerobic digestion (AD) is a bio-based solution designed to convert organic materials
into renewable energy and other products, such as soil improver and organic fertiliser. AD
is widely used in practice, with facilities at many thousands of sites worldwide: in Europe
alone, more than 20,000 full-scale plants were in operation in 2022 [1]. The underlying
biological processes are complex, and multiple options exist to steer the AD process towards
optimised performance and a desired set of outputs in terms of energy and material flows.
This puts AD in a prominent position with research agendas aiming for more sustainable
resource management. Its ability to generate high-value products from organic wastes and
residues is a key strength.

The Special Issue on “New Frontiers in Anaerobic Digestion (AD) Processes” was
initiated to explore recent developments and advanced concepts related to the valorisation
of biomass via the application of AD. Fourteen submissions are included in the Special
Issue, and each of these publications contributes towards unlocking the full potential of AD.
Five thematic clusters to advance AD can be identified based on the included publications:

• Understanding and monitoring the AD process;
• Making substrates available and increasing the efficiency of the AD process;
• Inspiring trust in non-academic stakeholders to adopt AD in practice;
• Supporting decarbonisation of the energy system through hydrogen and biomethane;
• Obtaining more value from a single unit of biomass.

All included manuscripts contribute to more than one of these five clusters (Table 1).
In this paper, some selected findings reported in the publications are highlighted. These are
not intended to be exhaustive, but rather to provide some first insights into the rich body
of new knowledge created by the authors of the Special Issue.

For the purpose of maintaining the stability and performance of the AD process, in
practice, only certain parameters can be monitored in real-time, while adequate methods
are still lacking for many others. Yan et al. [2] reviewed the recent progress in applying
soft sensor solutions. Some systems are available that use software-supported methods to
determine the unmeasurable parameters based on measuring auxiliary variables online;
but the need for more research remains high. Integration of deep learning elements into
these software solutions is particularly promising.

Liu et al. [3] focused on the residual biogas potential of digestate leaving the digester
and the current time-consuming standard procedures to determine this indicator through
experimental laboratory testing. Residual biogas potential is a key indicator of digestate
stability, which in turn is an essential requirement for spreading digestate onto agricultural
land. The authors showed that kinetic modelling, in particular when supported by machine
learning, could be successfully applied to reduce the testing time for residual biogas potential.
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Table 1. Publications included in this Special Issue and their relevance for the five clusters identified
to unlock the full potential of anaerobic digestion.

Cluster of AD Progress

Publication
Understanding and
Monitoring the AD

Process

Making Substrates
Available and
Increasing AD

Efficiency

Inspiring Trust to
Adopt AD in Practice

Supporting Energy
Decarbonisation

through Hydrogen
and Biomethane

Obtaining More
Value from a Single

Unit of Biomass

Review of soft sensors in anaerobic
digestion process [2] X X

Shortening the standard testing
time for residual biogas potential

(RBP) tests using biogas yield
models and substrate

physicochemical characteristics [3]

X X

Estimating the methane potential of
energy crops: An overview on
types of data sources and their

limitations [4]

X X

Biogas production from residues of
industrial insect protein production

from black soldier fly larvae
Hermetia illucens (L.): An evaluation
of different insect frass samples [5]

X X

Batch and semi-continuous
anaerobic digestion of industrial

solid citrus waste for the
production of bioenergy [6]

X X X

Hydrothermal pretreatment of wheat
straw—Evaluating the effect of
substrate disintegration on the

digestibility in anaerobic digestion [7]

X X

Anaerobic co-digestion of sewage
sludge and trade wastes: Beneficial
and inhibitory effects of individual

constituents [8]

X X X

Operation of submerged anaerobic
membrane bioreactors at 20 ◦C:

Effect of solids retention time on
flux, mixed liquor characteristics

and performance [9]

X X X

Exploring farm anaerobic digester
economic viability in a time of
policy change in the UK [10]

X X

Recent advances in
membrane-based biogas and
biohydrogen upgrading [11]

X X

Potential for biomethanisation of
CO2 from anaerobic digestion of

organic wastes in the United
Kingdom [12]

X X

Experimental evaluation of
continuous in-situ biomethanation

of CO2 in anaerobic digesters fed on
sewage sludge and food waste and

the influence of hydrogen
gas–liquid mass transfer [13]

X X

Validation of two theoretically
derived equations for predicting
pH in CO2 biomethanisation [14]

X X X

Toward the transition of
agricultural anaerobic digesters into

multiproduct biorefineries [15]
X X X

Full-scale AD plant operators require reliable information on the methane yields of
potential substrates. In agriculture, it is common to use crop-based substrates (energy crops,
crop residues), either as the main AD input or to supplement biogas production from manure-
fed digesters. Decisions on which crop material to use in AD can significantly impact the
entirety of a farm’s management. However, relying on data from the literature to estimate the
methane yields of crops is not an advisable strategy. The results of Zhang et al. [4] revealed
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that many publications displayed deficiencies in data reporting. The transferability of the
reported methane potentials was limited, because the variability in values for the same crop
when tested under different experimental conditions or grown under different cultivation
conditions often exceeded the variation of values between different crop species.

With a further increasing world population, food production is a major challenge to be
addressed as part of the water/energy/food/climate change nexus. Valorisation of residues
from the food production chain makes a valuable contribution to more sustainable food
systems, and this applies both to established food production methods and to novel solutions.
Among the novel solutions is the cultivation of insect biomass as an alternative feedstuff,
which generates insect frass as a residue. After exploring the suitability of insect frass as an
AD substrate, Wedwitschka et al. [5] reported promising results, but also highlighted some
risk of instability of the process. Similarly, citrus waste is a challenging AD substrate due to
the presence of toxic compounds. The work of Rosas-Mendoza et al. [6] suggests that, at an
industrial scale, it might not be necessary to remove toxic D-limonene from orange peel waste
when using cattle manure as inoculum; but the authors also conclude that further research is
required to better understand the implications of different D-limonene concentrations under
different reactor configurations. Other food production residues clearly require pre-treatment
to make the material suitable for AD. One such biomass is wheat straw, a high-volume
material stream. Zerback et al. [7] applied hydrothermal pre-treatment with good success, but
they also observed that overly severe pre-treatment conditions had a negative impact on the
degradation kinetics. For solutions to be applied at full scale, there is also a need to balance
technical and economic feasibility.

Avoiding inhibition of the AD process and achieving a high gas yield are both key
goals of commercial plant operators. Berzal de Frutos et al. [8] researched the co-digestion
of sewage sludge and 160 different trade wastes with the aim of understanding how
wastewater treatment plants can improve their AD performance by accepting trade wastes.
The authors concluded that the addition of 10 percent (by volume) of trade waste can
usually be recommended, but this may need to be confirmed by further experiments, for
example, where inhibitory components are present or microbial acclimatisation is required.

Another approach to improve the performance of AD in the wastewater sector is the
implementation of highly efficient bioreactors. Pacheco-Ruiz et al. [9] reported findings
from long-term experiments conducted over 242 days with submerged anaerobic membrane
bioreactors. A key result indicated that operation without chemical or external cleaning was
feasible if the process conditions were adequately set by controlling solids retention and, thus,
mean cell residence time. Clearly, such long-term experiments are required in order to reliably
inform full-scale operators about the performance of specific operating regimes.

In practice, one of the most important factors influencing whether AD will be im-
plemented or not is if there is sufficient confidence in its economic viability. Financial
incentives directly influence the AD landscape and its development. As an example, in the
United Kingdom (UK) there is currently a policy vacuum for residues-based small-scale
farm AD (<150 kWe), and Bywater and Kusch-Brandt [10] showed that it is very difficult
for such installations to achieve profitability, despite the currently high energy prices. An
innovative policy mechanism would be to introduce financial support based on the “public
goods” benefits offered by on-farm AD (e.g., greenhouse gas reduction, positive soil organic
carbon impact, support of rural development).

Several of the published papers address AD as an element in decarbonising the energy
system through the adoption of hydrogen and biomethane solutions. Here, AD can be
applied in different ways. AD can be implemented to produce biohydrogen through dark
fermentation in the digester. The concentration of hydrogen, however, is relatively low, and
further processes are required to separate the hydrogen from the resulting gas mixture. As
reported by Soto et al. [11], novel types of materials have become available in recent years
to make gas membrane separation more effective, thus improving the competitiveness of
bio-based hydrogen production. Improved membrane separation performance is of great
important to other processes besides hydrogen production. A key application in the AD

3
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area is biogas upgrading to biomethane through the membrane-assisted removal of CO2.
One major advantage of biomethane is that it can directly substitute fossil natural gas in
existing infrastructures.

Another approach to enhancing biomethane supply is production at biogas facilities
through the biomethanation of CO2 with hydrogen. While its commercial robustness
remains to be confirmed, significant potential clearly exists. Bywater et al. [12] estimated
that CO2 biomethanation could raise the AD’s contribution to bioenergy in the United
Kingdom from 15 percent to 22 percent. There is, however, a relative shortage of reli-
able data on current UK AD feedstocks, which makes it difficult to quantify potential
biomethane production from different substrates. There are also challenges related to the
biomethanation process, especially when conducted in-situ, i.e., within the digester itself
rather than in an external reactor. The work of Poggio et al. [13] contributed to a better
understanding of the hydrogen gas–liquid mass transfer phenomena and to improving
biomethanation in continuous AD. Another challenge of the process is the increase in pH
because of CO2 conversion into biomethane, potentially causing inhibition of the digestion
process. Zhang et al. [14] presented a fundamentally-derived, experimentally validated
approach to minimise such risks during in-situ biomethanation. These insights increase
the feasibility of implementing the CO2 biomethanation process in existing AD facilities,
and, thus, of maximising the value of existing infrastructure while contributing to the
decarbonisation goals [14].

A common theme across all publications of this Special Issue is making better use of
infrastructure and biomass resources. This can be by increasing the efficiency of processes
and performance of equipment, by reducing the risk of inhibition, by making substrates
more available, or by integrating hydrogen and biomethane. As an approach with the
explicit goal of making the best possible use of one unit of biomass, the concept of the
biorefinery has evolved in the last decades; its main feature is to process biomass through
different schemes operated widely in parallel, thus supplying a multitude of valuable
outputs. Bolzonella et al. [15] present a biorefinery pilot plant based on AD that was
designed to supply a set of products, namely, energy products (hydrogen, methane),
chemicals (short chain volatile fatty acids, polyhydroxyalkanoates), and other materials
(nutrients for agriculture, microbial proteins for food or animal feed applications). In such
a biorefinery, AD becomes one integrated element of a larger system, as it is complemented
by other processes (mechanical, chemical, or biological).

Clearly, applications of AD will continue to change in future, and further progress in
making high-value use of this versatile bio-based technology can be expected. There are
many aspects to be addressed by further research, and some current research questions are
pointed out by the authors of this Special Issue. At the same time, the results of the Special
Issue suggest that it is of particular relevance to inspire trust in the economic viability of
AD facilities and the technical reliability of novel AD solutions.

Author Contributions: Conceptualization, S.K.-B., S.H. and C.J.B.; writing—original draft prepara-
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Abstract: Anaerobic digestion is associated with various crucial variables, such as biogas yield,
chemical oxygen demand, and volatile fatty acid concentration. Real-time monitoring of these
variables can not only reflect the process of anaerobic digestion directly but also accelerate the
efficiency of resource conversion and improve the stability of the reaction process. However, the
current real-time monitoring equipment on the market cannot be widely used in the industrial
production process due to its defects such as expensive equipment, low accuracy, and lagging
analysis. Therefore, it is essential to conduct soft sensor modeling for unmeasurable variables and
use auxiliary variables to realize real-time monitoring, optimization, and control of the an-aerobic
digestion process. In this paper, the basic principle and process flow of anaerobic digestion are
first briefly introduced. Subsequently, the development history of the traditional soft sensor is
systematically reviewed, the latest development of soft sensors was detailed, and the obstacles of the
soft sensor in the industrial production process are discussed. Finally, the future development trend
of deep learning in soft sensors is deeply discussed, and future research directions are provided.
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1. Introduction

Anaerobic digestion is a highly complex biochemical reactions process, with char-
acteristics such as multi-factor influence, dynamic change, and complex nonlinearity [1].
Anaerobic digestion can not only treat organic pollutants but also produce clean energy [2].
Therefore, anaerobic digestion technology has broad development space in the treatment of
wastewater and organic solid waste [3] and is one of the practical ways to solve energy and
environmental problems. However, anaerobic microorganisms of the anaerobic digestion
process are intensely sensitive to changes in the digestion environment, and methanogens
have extremely strict requirements on the external environment [3]. The unexpected
changes in the external environment have an impact on the hydrolysis, acidification, and
methanation processes of anaerobic digestion [4,5]. This will cause numerous volatile fatty
acids (VFA) to accumulate in the reactor, inhibit the progress of methanation, and even
result the failure of the anaerobic reactor operation [6–8]. Therefore, a more advanced
online measurement system must be used to fully monitor the anaerobic digestion process
in real-time to ensure that the anaerobic digestion process is stable and efficient while
obtaining a higher biogas yield [9].

In terms of anaerobic digestion process variables monitoring, there is mature and
reliable online monitoring equipment for temperature, pressure, flow rate, gas composition,
and other variables [10,11]. However, there are still many key variables that cannot be
directly measured, or the measurement equipment is expensive [12], such as biogas yield,
chemical oxygen demand (COD), and VFA concentration. Online monitoring equipment
for these variables cannot be widely used in industrial production due to factors such as
expensive equipment, low accuracy, and lagging analysis [13–16]. Consequently, the soft
sensor using online measurable auxiliary variables to estimate the unmeasurable variables
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in real-time has been broadly used in the anaerobic digestion process [17,18]. The soft sensor
is developed based on the inference control theory proposed by Brosilow [19], suggesting
that the mathematical relationship between auxiliary variables and target variables is
established under certain optimal criteria, and the selection of auxiliary variables should
be measurable and easy-to-obtain [20]. Real-time monitoring of target variables is achieved
through software [21]. Since the soft sensor has the advantages of fast response, low cost,
easy implementation, and simple maintenance [22], it has been widely used in monitoring,
optimization, and control of engineering [23]. Soft-sensor technology is broadly based
on two modelling approaches: those derived mechanistically and those that are data-
driven [24]. Specifically, mechanism models can be classified into common mechanism
models and state estimation and system identification based on mechanism models [25].
Data-driven models can be divided into statistical machine learning models and deep
learning models.

In this paper, the basic principle and process flow of anaerobic digestion are first
briefly introduced. Subsequently, the soft sensors in the anaerobic digestion process are
compared and analyzed, the development process of traditional soft sensors is systemati-
cally reviewed, and the defects of traditional soft sensors are presented. Next, the latest
development of soft sensors is detailed, including the application of deep learning in
the anaerobic digestion process. Moreover, the obstacles encountered by soft sensors in
industrial production are further discussed. Finally, the future development trend of deep
learning in soft sensors is deeply analyzed, and a summary and outlook are drawn.

2. Anaerobic Digestion Process
2.1. Basic Principles of Anaerobic Digestion

According to the four-stage theory of anaerobic digestion proposed by Zeikus, the
anaerobic digestion process can be divided into four stages: hydrolysis, acidification, acetic
acidification, and methanation [26]. In the hydrolysis stage, the hydrolase hydrolyzes
macromolecular organics (such as protein, fat, and cellulose) into small molecular organics
(such as glucose, amino acids, and long-chain fatty acids) for subsequent reactions [26].
After the initial hydrolysis, small-molecule organic substances (such as glucose and amino
acids) will be further decomposed by acid-producing bacteria to produce acidified products
mainly short-chain fatty acids and secondary metabolites (such as hydrogen and carbon
dioxide) [27]. In the acetification stage, acetogens convert the organic acids and alcohols
produced in the hydrolysis and acidification stages into acetic acid, generating carbon diox-
ide and hydrogen [28]. In the methanation stage, acetic acid, hydrogen, and carbon dioxide
are converted into methane under the action of obligate anaerobic methanogens [29].

2.2. Process Parameters of Anaerobic Digestion

There are some essential process variables in the anaerobic digestion process, such
as pH, alkalinity, temperature, VFA concentration, COD, and biogas yield. Real-time
monitoring of the above variables can ensure the efficient and stable operation of the
anaerobic digestion process. However, there is little widely used real-time monitoring
equipment for VFA concentration, COD, and biogas yield.

1. PH: The optimal pH range of different microorganisms is different. Methanogens are
extremely sensitive to pH, and the optimal pH range is 6.5–7.2 [30]. The fermenting
microorganisms produce acetic acid and butyric acid when the pH is low. Acetic
acid and propionic acid are formed when the pH is higher than 8.0 [31]. There-
fore, reasonable monitoring of pH can ensure the maximum biological activity of
microorganisms.

2. Alkalinity: Methanogens usually produce alkalinity in the form of carbon dioxide,
ammonia, and bicarbonate, contributing to neutralizing VFA produced during anaer-
obic digestion [32]. Thus, real-time monitoring of alkalinity can improve the stability
of the anaerobic digestion process when the concentration of carbon dioxide is stable.
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3. Temperature: Temperature has a crucial influence on the physical and chemical
properties of anaerobic digestion and fermentation substrates. It affects the growth
rate and metabolism of microorganisms, which in turn influences the population
dynamics of the anaerobic digestion process [33]. When the temperature changes
more than 1 ◦C/day, the biochemical activity of methanogens will be severely affected,
causing the process to fail.

4. VFA concentration: VFA concentration is an intermediate product of the anaerobic
digestion process. Excessive accumulation of VFA can reduce the pH of the system
and inhibit the activity of methanogens. The VFA concentration can reflect the current
operating conditions of the system while being extremely sensitive to the incoming
feed imbalance [34]. Hence, it is urgent to establish a soft sensor to predict the VFA
concentration by monitoring the measurable and easy-to-obtain process variables in
real-time.

5. COD and biogas yield: COD is an imperative indicator to measure the organic content
of the effluent from the anaerobic digestion process [35]. Biogas yield is a vital
indicator to measure the efficiency of anaerobic digestion [36]. Real-time monitoring
of COD and biogas yield can demonstrate the operating efficiency and stability of the
anaerobic digestion process and contribute to achieving the real-time calibration and
optimization of production conditions and control methods.

2.3. Anaerobic Digestion Process

In the industrial production process, anaerobic digestion processes are usually classi-
fied according to factors such as operating temperature, feeding method, and the number
of reactors [37]. It can be divided into single-phase digestion and two-phase digestion
based on the number of reactors [38]. The single-phase digestion process was widely used
in the immature stage of the early anaerobic digestion theory due to its low price and
simple operation. Single-phase digestion suggests that the hydrolysis, acidification, acetic
acidification, and methanation processes of degrading macromolecular organics are all
conducted in the same digestion tank, and the inhibition of any one step will affect the
overall digestion efficiency [39]. With the development of the anaerobic digestion theory,
researchers and technologists have developed a two-phase digestion process to avoid
acid inhibition. Two-phase anaerobic digestion suggests the hydrolysis, acidification, and
acetic acid stages are conducted in the acid production tank, while the methane production
stage is performed in the methane production tank [40]. This method can effectively avoid
mutual inhibition between the steps, improve the efficiency of anaerobic digestion, shorten
the reaction time, and increase methane production [41].

According to the biodegradability of the input materials, different two-phase anaerobic
digestion devices are generally selected [42]. When industrial wastewater is treated with
low solid content, the acid production tank and the methane production tank usually adopt
a continuous stirred tank reactor and an up-flow anaerobic sludge blanket, respectively [43].
When organic wastewater is treated with high solid content, both the acid production tank
and the methane production tank use the up-flow solid reactor [44]. When organic sludge
is processed with higher solid content, both the acid production tank and the methane
production tank employ the continuous stirred tank reactor [45]. The specific process
flow is described as follows [28]. First, the pretreated organic materials are fed into the
hydrolysis acidification tank to perform the hydrolysis reaction of macromolecular organics
and the acidification reaction of small molecular organics. Then, the acidified product is
input into the methane-generating tank for methane production reaction. Since the stages
of acid production and methane production are performed separately, it is ensured that
acid-producing bacteria and methanogens are in optimal environmental conditions and can
exert maximum activity. Moreover, the acid production process improves the biochemical
properties of the material, and the acidified product provides a suitable substrate for
methanogens. The two-phase anaerobic digestion process is illustrated in Figure 1.
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3. Development History of Anaerobic Digestion Soft Sensor
3.1. Soft Sensor Based on Process Mechanism

Mechanism modeling is to determine the mathematical relationship between the target
variables and the auxiliary variables through the establishment of a balance equation based
on a deep understanding of the process mechanism [23]. It has the advantages of high ac-
curacy, strong interpretability, and clear industrial background. However, the biochemical
reaction process of anaerobic digestion is extremely complicated, with strong nonlinearity
and uncertainty, making it difficult to establish an accurate mechanism model [46,47]. More-
over, the biochemical reaction process is described by a large number of algebraic equations
and differential equations. Therefore, there are defects such as large calculation amount
and slow convergence, impeding it in meeting the requirements of real-time monitoring of
target variables [48–50]. From another perspective, the mechanism model parameters of
anaerobic digestion, such as Monod maximum specific absorption rate and the first-order
decay rate in the kinetic parameters of the Anaerobic Digestion Model No.1 (ADM1), are
mostly empirical values [51]. The determination of these parameters requires considerable
experimental verifications, and the various indicators in the industrial production process
will not be tested. Therefore, it is proposed to combine the mechanism model and the
data-driven model to establish a hybrid model of anaerobic digestion [52,53]. The hybrid
model fully takes advantage of the data-driven model that only pays attention to input
and output and does not require a clear internal mechanism, contributing to a decrease
in the difficulty of modeling the mechanism model. Moreover, the interpretability of the
data-driven model is enhanced using the mechanism model. However, the prediction
accuracy and generalization ability of the hybrid model need to be further improved.

3.2. Soft Sensor Based on State Estimation

In the soft sensor based on state estimation, the method of state observation and
state estimation is adopted to obtain the predicted value of the state variable through
auxiliary variables and then acquire the predicted value of the target variable [54,55]. With
the development of anaerobic digestion soft sensors, various soft sensors based on state
estimation have been proposed [56–61]. Among them, the nonlinear observer presented by
Dochain under the improved anaerobic digestion model can estimate the VFA concentration
online under different working conditions [62]. The improved anaerobic digestion model
can be expressed as: { .

x = f (x, µ) + ∆ f
y = Cx

(1)
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where ∆ f denotes the uncertainty item related to unmodeled dynamics and load distur-
bance; x is the vector of dynamic states; f denotes the vector field; C = [0, 0, 1]; u and
y denote the input and output of the model, respectively. For the improved anaerobic
digestion model, the nonlinear observer can be expressed as:

.
x̂ = f (x̂, µ) + kl(y− ŷ) + kdtanh[γ(y− ŷ)] (2)

where x̂ ∈ R3 represents the state estimation vector, ŷ indicates the predicted value of the
output signal, and kl , kd and γ denote the observer gains. The estimated error of the model
is presented in Formula (3).

.
e = f (x, u)− f (x̂, u) + ∆ f − klCe− kdtanh(γCe) (3)

where Ce = y − ŷ. This nonlinear observer overcomes the disadvantage of the poor
performance of the local observer under non-set conditions and solves the problem that
the progressive observer is very sensitive to unknown load disturbances [63]. Additionally,
the author has verified the convergence of the observer through Lyapunov stability. Soft
sensors based on state estimation can handle situations such as dynamic characteristic
differences between the variables and system lag. However, state estimation mainly
applies to mature models and models that can reflect the characteristics of the measured
object after approximation. Moreover, an increase in the online estimation error would be
caused by simplifying the system to reduce the difficulty of modeling, and the use of this
method would be restricted by the anaerobic digestion model’s requirements for modeling
accuracy [64–67].

3.3. Soft Sensor Based on Regression Analysis

The soft sensor of anaerobic digestion based on regression analysis majorly includes
soft sensors based on multiple linear regression (MLR) and soft sensors based on partial
least squares regression (PLSR).

MLR is able to establish a linear mapping between auxiliary variables and target
variables through the least square method [68]. The soft sensor of anaerobic digestion
based on MLR proposed by HU assumes the following linear relationship between auxiliary
variables and biogas yield [69]:

ŷ = θ0 + θ1X1 + θ2X2 + ···+ θnXn (4)

where X is the auxiliary variable, θ is the parameter to be calculated, and ŷ is the predicted
value of biogas yield. The target parameter θ is solved by minimizing the error of the real
biogas yield and the predicted biogas yield with the least squares method. However, the
biochemical reaction process of anaerobic digestion is significantly nonlinear, and MLR
cannot accurately describe the nonlinear process. Therefore, the anaerobic digestion soft
sensor based on MLR has disadvantages such as low accuracy and susceptibility to external
interference [70].

The anaerobic digestion soft sensor based on PLSR, which was proposed by Yang [1],
can extract the principal components of auxiliary variables and target variables while
maximizing the correlation between them [71]. The objective function of the soft sensor is
expressed as

maxCov(t, y) =
√

var(t)var(y)corr(t, y) (5)

where t represents the main component of the auxiliary variable, and y denotes the COD.
The Lagrange multiplier l is introduced to solve the objective function.

l = pTxTy− λ

2

(
pT p− 1

)
(6)
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where x and p indicate the auxiliary variable and the weight coefficient, respectively.
Subsequently, the linear fitting between the principal component and the COD is realized by
the MLR algorithm. This model solves the problem of the collinearity of auxiliary variables
in the anaerobic digestion process. Unfortunately, the process of dimensionality reduction
may eliminate the secondary principal components that are beneficial to regression and
retain irrelevant noise, affecting the accuracy of the model. Meanwhile, PLSR is a linear
algorithm and is only suitable for linear and weakly nonlinear models. However, there is
severe nonlinearity in the anaerobic digestion process, limiting the prediction accuracy and
generalization ability of the model.

3.4. Soft Sensor Based on Artificial Neural Network

Artificial neural networks can establish a non-linear mapping relationship between
auxiliary variables and target variables through network learning, including back propaga-
tion (BP) neural networks and radial basis function (RBF) neural networks.

The soft sensor based on the BP neural network for the anaerobic digestion process
was proposed by researchers [72–78]. In this soft sensor, the gradient descent algorithm
is used to update the network weight. Therefore, the soft sensor can approximate the
continuous nonlinear function with arbitrary precision and solve the highly nonlinear and
uncertain problems in the anaerobic digestion process [79,80]. However, it is prone to fall
into a local optimal or over-fitting state, affecting the prediction accuracy and generalization
ability of the soft sensor [81].

To handle the complication that the anaerobic digestion soft sensor based on the BP
neural network is prone to fall into the local minimum, Yilmaz proposed a soft sensor
based on the RBF neural network to predict COD [82]. The soft sensor based on the RBF
neural network has the characteristics of global best approximation and strong nonlinear
mapping ability. The loss function of the soft sensor is expressed as

Loss =
1
2
‖Y− Ŷ2‖+ 1

2
λ‖DŶ‖2 (7)

where Y and Ŷ denote the test and predicted values of COD, respectively; λ represents the
weighting factor of the regular term; D indicates the linear differential operator. With the
regularization term, the curvature of the approximation function can be controlled, and the
problem that the model is prone to overfitting is addressed.

The soft sensor based on the neural network can better handle the problem of non-
linearity in the anaerobic digestion process. However, the performance of soft sensors is
dramatically affected by the network topology and hyperparameters in practical appli-
cations. Therefore, proper hyperparameters and network topology are selected through
optimization algorithms such as genetic algorithm and particle swarm optimization algo-
rithm to improve model prediction accuracy and generalization ability [83–87].

3.5. Soft Sensor Based on Statistical Machine Learning

The soft sensor based on support-vector regression (SVR) uses the kernel function to
map auxiliary variables to the high-dimensional feature space and adopts linear algorithms
to analyze the nonlinear characteristics of the samples in the high-dimensional feature
space. The convex quadratic programming is solved by the structural risk minimization
criterion, which also addresses the high-dimensional and small-sample problems that
cannot be solved by artificial neural networks [88]. Given the small-sample problem caused
by the difficulty of obtaining target variables in the anaerobic digestion process, Kazemi
proposed the soft sensor based on SVR to predict the VFA concentration [89]. The loss
function of the soft sensor is expressed as

Loss =
1
2 ∑ m

i,j=1(ai − a∗i )
(

aj − a∗j
)

k
(
xi, xj

)
+ ∑ m

i ai(ε− yi) + a∗i (ε + yi) (8)
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The constraints are

s.t
{

∑ m
i=1
(
ai − a∗i

)
= 0

ai, a∗i ∈ [0, C]
(9)

where x is the auxiliary variable; y indicates the VFA concentration; ai and a∗i are Lagrangian
multipliers; k(·) represents the kernel function; ε is the insensitivity coefficient.

Given the problem of high complexity in solving SVR models, a soft sensor based on
least-squares support-vector regression (LS-SVR) was proposed by Liu to monitor the VFA
concentration in the anaerobic digestion process in real-time [90]. In the soft sensor based
on LS-SVR, the slack variable in the optimization objective is replaced with the quadratic
square term of the training error.

Loss =
1
2
‖w‖2 +

1
2

γ ∑ m
i=1ξ2

i (10)

Then, the inequality constraints are replaced with the following equality constraints.

yi(wxi + b) = 1− ξi (11)

where w and b indicates the learnable parameter of the model, γ denotes the regularization
coefficient, and ξ refers to the training error. Solving the problem of convex quadratic
programming is transformed into solving a set of linear equations, reducing the com-
plexity of the model. However, the simplified soft sensor is more sensitive to abnormal
values in the anaerobic digestion process, weakening the robustness of the soft sensor.
Therefore, optimization algorithms are used to select the appropriate kernel function and
hyperparameters to improve the prediction accuracy and generalization ability of the
model [91–93].

3.6. Practical Application of Soft Sensors for Anaerobic Digestion

The soft sensor of anaerobic digestion is widely used in various industries owing to its
advantages of low price, easy development, and maintenance. The soft sensor based on the
process mechanism proposed by Fan [53] is employed to predict the bacterial concentration
of high-temperature anaerobic digestion of cow manure. The kinetic model of anaerobic
digestion of cow manure is expressed as:

dX
dt

= µmaxX
(

1− X
Xmax

)
(12)

dP
dt

= k3X− k4
dX
dt

(13)

−dS
dt

= k1
dX
dt

+ k2
dP
dt

(14)

where X, P, and S denote cell concentration, product concentration, and substrate concen-
tration, respectively; µmax and Xmax indicate the maximum growth rate and concentration
of the bacteria, respectively; k1, k2, k3, and k4 represent the cell growth rate, acid production
rate coefficient, total enzyme activity, and cell activity coefficient, respectively, and the
latter two factors can directly affect the cell growth rate and fermentation cycle. It can
be observed that the cell concentration and substrate concentration are the direct factors
affecting anaerobic digestion. Therefore, the cell growth rate, acid production rate, total
enzyme activity, and cell activity are selected as auxiliary variables. However, the versatility
of the soft sensor is poor. The prediction accuracy of the model will significantly decrease
when fermentation conditions and fermentation batches change. The robust nonlinear
observer proposed by Dochain [62] is adopted to predict the VFA concentration during
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the anaerobic digestion process of industrial wastewater. The mass balance equation of
anaerobic digestion is expressed as:

.
S = u

(
S f − S

)
− ktµ(·)X (15)

.
X = µ(·)X− auX (16)

QM = kmµ(·)X (17)

where X, S, and QM indicate the methanogenic biomass, the soluble organic substrate, and
the methane outflow rate, respectively; kt and km represent the yield coefficient related
to substrate degradation and the yield coefficient of methane production, respectively;
u, a, and µ(·) denote the dilution rate, the proportion of bacteria that are not attached
to the support, and the growth rate of methane bacteria, respectively. Considering the
limited online monitoring equipment available in the actual factory, the soft sensor only
uses the methane outflow rate as an auxiliary variable to predict the VFA concentration
under different working conditions and has high engineering practicability. However, the
prediction accuracy of the soft sensor is generally not high when an observation model is
established by simplifying the biochemical reaction and mass balance equations. Strik [75]
employed a soft sensor based on the BP neural network to predict the content of ammonia
in biogas. According to the kinetic model of anaerobic digestion, the calculation formula of
related variables in biogas can be expressed as:

CN =
CTAN × 10pH

e
6334

273+T + 10pH
×
(

1 +
10−pH

10−(0.09+ 273
T )

)−1

(18)

Mt = M0·
(

1− e−Kt
)

(19)

where CN , CTAN , T, pH, and K denote the ammonia content, the total inorganic nitro-
gen concentration, the reaction temperature of anaerobic digestion, the pH value of the
collected sample, and the rate constant of methane production, respectively; M0 and Mt
represent the methane production potential and the cumulative methane production at
time t, respectively. As revealed from the model, pH, total inorganic nitrogen concentration,
ammonium ion concentration, and temperature are the direct factors influencing ammonia
content, and methane production is its indirect influence factor. Therefore, the ammonia
content, ammonium ion concentration, total inorganic nitrogen concentration, nitrogen
loading rate, pH, biogas production, and organic loading rate in the reactor are selected as
the auxiliary variables of the model. However, the soft sensor lacks a real-time correction
function. With the changes in actual working conditions and external interference factors,
the prediction accuracy of the model will continue to decrease.

4. The Latest Development of Anaerobic Digestion Soft Sensor

The previous chapter introduced traditional anaerobic digestion soft sensors, reflecting
the mapping relationship between auxiliary variables and target parameters to a certain
extent. The characteristics of traditional soft sensors are summarized in Table 1. However,
soft sensors still face many challenges in practical applications. For example:

1. The traditional soft sensor cannot extract the deep features of auxiliary variables. The
performance of traditional soft sensors depends on the auxiliary variables provided,
and the selection of auxiliary variables requires rich prior knowledge [94].

2. The traditional soft sensor does not consider the large number of unlabeled samples in
the anaerobic digestion process. There are many unlabeled samples in the anaerobic
digestion process. The semi-supervised learning mechanism, which is used to mine
unlabeled sample information, can effectively improve the prediction performance of
soft sensors [95].
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3. The traditional soft sensor does not consider the dynamic and time lag characteristics
of anaerobic digestion. The traditional soft sensor cannot adapt to changes in work
and production conditions, and the prediction accuracy of the soft sensor gradually
deteriorates over time [96]. Meanwhile, the slow hydrolysis process of anaerobic
digestion would lead to a certain time lag between the real-time monitoring variables
of the acid-producing tank and the real-time monitoring variables of the methane-
producing tank.

4. The traditional soft sensor only considers the mapping relationship between auxiliary
variables and target variables while ignoring the mutual influence between auxiliary
variables [97]. In the actual industry, the combined auxiliary variables are generally
highly correlated with the target variable while the single auxiliary variable often has
a weak correlation with the target variable.

Table 1. Advantages and disadvantages of traditional soft sensors.

Soft Sensors Advantages of Soft Sensor Defects of Soft Sensor

Soft sensor based on process mechanism High precision, strong interpretability,
clear industrial background

It is difficult to build an accurate
mechanism model

Soft sensor based on state estimation
Solve the problem of dynamic

characteristic differences and system lag
between variables

Simplifying the system will increase
forecast errors

Soft sensor based on MLR
Only consider the mapping relationship

of data; do not require a clear internal
mechanism

The accuracy is not high, and it is easily
affected by external interference

Soft sensor based on PLSR Solve the problem of collinearity between
auxiliary variables

Inability to handle strong nonlinear
problems

Soft sensor based on BP neural network Able to achieve an arbitrary precision
approximation of nonlinear functions

Easy to fall into local optimal or
over-fitting state

Soft sensor based on RBF neural network Realize the global best approximation
and solve the local optimal problem

Affected by network topology and
hyperparameters

Soft sensor based on SVR Solve the problem of high dimensions
and small samples Unable to handle large-scale data

Soft sensor based on LS-SVR Further reduce the complexity of the
model and increase the calculation speed

Very sensitive to outliers and poor
robustness

In this chapter, the latest developments in anaerobic digestion soft sensors are in-
troduced in detail. Furthermore, suitable solutions have been proposed regarding the
obstacles encountered by traditional soft sensors in the industrial production process.

4.1. Soft Sensors for Extracting Deep Features

The deep belief network (DBN) achieves the approximation of complex functions
through unsupervised layer-by-layer pre-training and supervised backpropagation fine-
tuning [98,99]. In the process of unsupervised pre-training, the auxiliary variables are
subjected to nonlinear mapping through the stacked restricted Boltzmann machine to
extract the abstract features of the training samples. In the process of supervised back-
propagation fine-tuning, the weights are fine-tuning through the backpropagation of the
supervised signal to realize the further adjustment and optimization of the weights of the
network.

To overcome the dependence of the traditional anaerobic digestion soft sensor on the
features selection, Li proposed a soft sensor based on a deep belief network to predict the
concentration of VFA for the anaerobic digestion process [100]. The structure diagram is
illustrated in Figure 2.
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Figure 2. Deep belief network structure [100].

The gradient descent algorithm cannot effectively train the deep network. Therefore,
the contrast divergence (CD) algorithm is adopted to update the weights of the restricted
Boltzmann machine, layer by layer:





wR
ij = wR

ij + η
(

v(t−1)
i h(t−1)

j − v(t)i h(t)j

)

bj = bj + η
(

h(t−1)
j − h(t)j

)

ai = ai + η
(

v(t−1)
i − v(t)i

) (20)

where v denotes the state vector of the visible layer, h refers to the state vector of the hidden
layer, η represents the learning rate, and w and b denote the weights and biases of the
network, respectively. The soft sensor, with excellent feature learning capabilities, can
effectively learn the essential features from the training samples and address the defects of
excessive dependence on prior knowledge in feature selection.

However, the random setting of the weights of DBN’s output layer increases the
randomness of the model’s prediction performance. To further improve the stability of
prediction performance and generalization performance, Li proposed to adopt the extreme
learning machine (ELM) algorithm after the weights of the first n-1 layers were obtained
using the CD algorithm to determine the weights of the output layer, and establish a soft
sensor based on an improved deep belief network (IDBN) to predict the VFA concentration.
IDBN structure diagram is presented in Figure 3.

β = hn−1

(
wi, b̂i

)+
y (21)

where hn−1

(
wi, b̂i

)+
indicates the output of the hidden layer of the n-1 layer, β represents

the weights of the output layer, and y denotes the VFA concentration. Compared with the
soft sensor based on DBN, the improved soft sensor has preferable prediction accuracy
and generalization performance in the experimental. However, the unsupervised layer-by-
layer training process based on the CD algorithm requires a lot of iterative calculations,
and the training process does not consider the mapping relationship between auxiliary
variables and target variables. Therefore, Wang proposed a soft sensor based on the stacked
supervised autoencoder combined with the kernel extreme learning machine (SSAE-KELM)
algorithm to predict the VFA concentration [101]. The structure of SSAE-KELM is shown
in Figure 4.
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For the soft sensor, the ELM algorithm is employed to train supervised autoencoders
(SAE), and the deep features of auxiliary variables are extracted through stacked SAE. The
loss function of the training process is expressed as:

Loss =
C1

2
‖X− Hr1‖2

2 +
C2

2
‖Y− Hr2‖2

2 +
1
2
‖r‖2

2 (22)

By minimizing the loss function, the output weight is obtained:

r = [CHT H − Im+1
−1HTY]

T
(23)

where X refers to the auxiliary variables; Y represents the VFA concentration; H denotes
the hidden layer output; r1 and r2 indicate the hidden layer weights and the supervised
item weights, respectively; C1 and C2 are the weight coefficients. Finally, the kernel extreme
learning machine is adopted to establish a regression model to predict the VFA concentra-
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tion on the extracted deep abstract features. Compared with soft sensors based on IDBN,
the soft sensor introduces supervised items by improving the loss function. As a result,
the soft sensor can extract the deep features of the auxiliary variable while considering the
mapping relationship between the auxiliary variable and the VFA concentration. Then,
it can extract the essential features that have a greater impact on the VFA concentration.
Moreover, the ELM algorithm is used to compensate for the shortcomings of the slow
training speed of the traditional CD algorithm and improve the training efficiency of
the model.

4.2. Soft Sensors for Extracting Information from Unlabeled Samples

In the anaerobic digestion process, the long period and high cost of target variable
collection make it difficult for soft sensors to obtain sufficient labeled samples [102]. How-
ever, there are many unlabeled samples composed of process variables in the industrial
process. With the semi-supervised learning mechanism, the information of unlabeled
samples can be fully mined, and the prediction accuracy and generalization ability of soft
sensors are improved. In recent years, semi-supervised learning mechanisms have been
widely used in deep neural networks. Therefore, Yan proposed a soft sensor based on the
semi-supervised hierarchical extreme learning machine to predict VFA concentration in the
anaerobic digestion process [103]. The model structure of the semi-supervised hierarchical
extreme learning machine is illustrated in Figure 5.
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Hierarchical extreme learning machine (HELM) is a multi-layer feedforward neural
network composed of a multi-layer extreme learning machine-autoencoder (ELM-AE).
During the training process, ELM-AE can achieve the lossless reconstruction of auxiliary
variables. Therefore, the combined feature information of auxiliary variables can be
extracted to a certain extent when the number of neurons in the hidden layer of ELM-AE is
less than the number of neurons in the input layer [104]. The reconstruction loss function
of ELM-AE is expressed as:

Loss = min
1
2
‖γ‖2 +

C
2
‖Y− Jγ‖2 (24)
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The reconstruction loss function is minimized to obtain the output weight.

γ =

(
JT J +

1
C

In

)−1
JTX (25)

where γ indicates the weight of the output layer of ELM-AE; C is the weight factor; J
denotes the output of the hidden layer; X and Y represent auxiliary variables and VFA
concentration, respectively. Manifold regularization is used as a semi-supervised learning
mechanism to learn the distribution of unlabeled samples. It can preserve the manifold
domain relationship between the data vectors in the original space. The essential idea
of manifold regularization is to keep the local geometric structure of the original feature
space in the new projection space. The loss function of HELM that introduces the manifold
regularization term is:

Loss = min
1
2
‖γ‖2 +

C
2
‖Y− Jγ‖2 +

λ

2
Tr
(

ŶT LŶ
)

(26)

The loss function is minimized to acquire the output weight.

r =
(

In + CJT J + λHT LH
)−1

CJT (27)

where γ indicates the output layer weight of HELM; λ is the weight factor; Tr(·) represents
the trace of the matrix; L refers to the graph Laplacian matrix; H and Ŷ denote the hidden
layer output and prediction output of all samples, respectively. Compared with traditional
soft sensors, soft sensors based on a semi-supervised learning mechanism can learn both
unlabeled sample information and label sample information. The semi-supervised learn-
ing mechanism can make full use of many unlabeled samples in the industrial process,
contributing to the improvement of the prediction accuracy and generalization ability of
soft sensors.

4.3. Soft Sensors for Extracting Dynamic Information

In the industrial production process of anaerobic digestion, changes in operating
tasks, production materials, and production environment would cause changes in system
operating conditions, making the prediction accuracy of soft sensors gradually decrease
over time. Moreover, the different start-up times of the methane tank could lead to large
differences in the digestion degree, substrate concentration, and biological activity, leading
to inconsistent data distribution in the original data set. To handle this complication, Wang
proposed to use the domain space transfer extreme learning machine (DSTELM) algorithm
to adjust the data distribution [103]. The reconstruction loss function of DSTELM is:

loss =
1
2
‖r‖2 +

c
2
‖XT − HTr‖2 +

λ

2
Tr
[
rT HT MHr

]
(28)

where c and λ are weighting factors; r denotes the output weight; XT represents the
auxiliary variables of the test set; H = [HS; HT ] indicates the output of the hidden layer;
Tr(·) refers to the trace of the matrix. The M is defined as:

M =





1
n2

S
i, j ≤ nS

1
n2

T
i, j > nS

1
nSnT

other

(29)

The loss function is minimized to obtain the output weight.

r =
(

IL + HT(C + λM)H
)−1

HTCXT (30)
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where C = diag(0nS×nS , c, c, . . . , c). The algorithm can minimize the distribution distance
between the training set and the test set while retaining the essential characteristics of the
test set. Moreover, it can address the problem of low model prediction accuracy caused
by the inconsistent data distribution of the training set and the test set. Furthermore, a
soft sensor based on the domain space migration hierarchical extreme learning machine
(DSTHELM) is established by stacking DSTELM to extract the deep features of auxiliary
variables. Compared with traditional soft sensors, soft sensors based on DSTHELM can
better adapt to modal changes and data drift and thus present higher prediction accuracy
and generalization ability.

Additionally, the hydrolysis reaction process is slow in the anaerobic digestion process,
resulting in a certain time lag between the real-time monitoring variables of the acid-
generating tank and the real-time monitoring variables of the methane generating tank.
This suggests that the target variable is affected by the auxiliary variable in the current state,
the changes in the operating conditions, and production conditions at the last moment, as
well as the target variable in the current state. Therefore, Mccormick proposed a dynamic
soft sensor based on long short-term memory (LSTM) network to predict biogas yield [105].
The LSTM structure is exhibited in Figure 6.
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In the training process, the soft sensor realizes the retention or deletion of current
information and historical information through the gate control unit. The input gate
determines the extent to which the current input is retained to the current state. The forget
gate determines the extent to which the state at the previous moment is retained to the
current state. The output gate determines the extent to which the current state is retained
to the output. The specific formulas are

it = σ(wi·[ht−1, xt] + bi) (31)

ft = σ
(

w f ·[ht−1, xt] + b f

)
(32)

ht = σ(w0·[ht−1, xt] + b0) (33)

where it, ft, ht, and σ represent the input gate, the forget gate, the output gate, and
the sigmoid activation function, respectively. The soft sensor can extract the different
characteristics of the auxiliary variable at different times. Meanwhile, the soft sensor can
retain historical biogas yield and its main influencing factors as auxiliary variables for
current biogas yield forecasting, realizing the persistence of historical information.

The dynamic soft sensor considers the influence of historical data on the current state
and overcomes the defect that the traditional soft sensor neglects the time scale information.
Therefore, the dynamic soft sensor, to a certain extent, addresses the time lag caused
by the slow reaction of the anaerobic digestion process. Furthermore, a dynamic soft
sensor based on a combined convolutional neural network and long short-term memory
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network is established using the deep feature extraction ability of the convolutional neural
network and the dynamic information extraction ability of LSTM to predict biogas yield.
It can effectively extract the deep features of the data while using LSTM for timing error
compensation. Thus, dynamic correction of the model is realized, and the prediction
accuracy and generalization ability of the model are further improved.

4.4. Soft Sensors for Extracting Spatiotemporal Information

In recent years, the graph convolutional network (GCN) has been widely used, ow-
ing to its powerful feature representation ability [106]. GCN can reduce the complexity
of the soft sensor through the parameter sharing of the convolution kernel in the local
area. Moreover, the adjacency matrix of the GCN enables the soft sensor to quantify the
mutual influence between auxiliary variables, that is, considering the degree of influence
of surrounding nodes on the target node and extracting the spatial information of the
sample data. In the actual industry, the combined auxiliary variables are generally highly
correlated with the target variable while the single auxiliary variable often has a weak
correlation with the target variable. Therefore, researchers proposed a soft sensor based on
GCN to predict VFA concentration [107]. The GCN structure is exhibited in Figure 7.
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The output of the soft sensor can be expressed as:

Y = f
(

ÂXW
)

(34)

where X indicates the auxiliary variable; Y refers to the output of the soft sensor; f
represents the nonlinear activation function; Â is the normalized adjacency matrix; W
denotes the learnable convolution kernel parameter. A proper adjacency matrix can be
adopted to effectively extract the spatial information between auxiliary variables and
improve the prediction accuracy and generalization ability of the soft sensor. Since the
maximal information coefficient (MIC) can calculate the correlation between auxiliary
variables, the normalized MIC is used to construct the adjacency matrix.

mij = MIC
(
xi, xj

)
(35)

αij =
exp(mij

)

∑k∈Ni
exp(mik)

(36)

where mij represents the MIC between auxiliary variables i and j; αij denotes the nor-
malized MIC between auxiliary variables i and j; so f tmax indicates the normalization
function. Compared with the traditional soft sensor, the soft sensor can learn the spatial
information of the auxiliary variable by fully considering the influence of the combined
feature information on the VFA concentration.
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Given the dynamic characteristics and time lag characteristics of the anaerobic di-
gestion process, a dynamic soft sensor based on the spatiotemporal graph convolutional
network (STGCN) is established by introducing a gated recurrent unit (GRU). GRU can
learn the dynamic changes of sample data to capture time information and consider the
impact of historical sample information on current sample information. Therefore, this soft
sensor can simultaneously consider the time information and spatial information of the
anaerobic digestion process data. The structure of STGCN is presented in Figure 8.
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During the training process, the STGCN can better handle the spatial and temporal
characteristics of samples. The combined feature information of the sample is extracted
using GCN to obtain its spatial dependence. Moreover, GRU is used to capture the dynamic
change information of historical information and obtain temporal dependence. The specific
calculation formulas are:

rt = σ(Wr[ht−1, f (Xt, A)]) (37)

zt = σ(Wz[ht−1, f (Xt, A)]) (38)

h̃t = tanh
(
Wh̃[rt � ht−1, f (Xt, A)]

)
(39)

ht = (1− zt)� ht−1 + zt � h̃t (40)

where A is the adjacency matrix; f (Xt, A) represents the graph convolution process; rt
denotes the reset gate; zt represents the update gate; h refers to the state of the hidden
layer; σ is the activation function; � represents the Hadamard product. Compared with
the traditional soft sensor, the dynamic soft sensor based on STGCN can effectively extract
the time information and spatial information from the anaerobic digestion process data,
contributing to the achievement of the accurate prediction of the current VFA concentration.

5. Conclusions

The anaerobic digestion process is a time-varying, non-linear, and highly complex
system with constraints. It is difficult to establish an accurate mechanism model to describe
the anaerobic digestion process. The soft sensor based on regression analysis is more
suitable for handling linear problems. However, there are strong nonlinear characteristics
in the anaerobic digestion process. Soft sensors based on artificial neural networks are
significantly affected by the network topology and the quality of training samples. They are
prone to a local optimal or over-fitting state. Moreover, their generalization ability is weak.
The soft sensor based on statistical learning is not suitable for processing large-scale data
and is unable to monitor the anaerobic digestion process in real-time with high precision.
However, soft sensors based on deep learning can learn essential features from training
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samples, introduce a semi-supervised learning mechanism to fully use unlabeled sample
information, consider the dynamic characteristics in actual working conditions and the
mutual mapping relationship between auxiliary variables, and extract the time information
and space information of the sample data. Therefore, the soft sensor based on deep learning
has higher prediction accuracy and generalization ability. The general idea of this paper is
illustrated in Figure 9.
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Abstract: The residual biogas potential (RBP) test is a procedure to ensure the anaerobic digestion
process performance and digestate stability. Standard protocols for RBP require a significant time for
sample preparation, characterisation and testing of the rig setup followed by batch experiments of a
minimum of 28 days. To reduce the experimental time to obtain the RBP result, four biogas kinetic
models were evaluated for their strength of fit for biogas production data from RBP tests. It was
found that the pseudo-parallel first-order model and the first-order autoregressive (AR (1)) model
provide a high strength of fit and can predict the RBP result with good accuracy (absolute percentage
errors < 10%) using experimental biogas production data of 15 days. Multivariate regression with
decision trees (DTs) was adopted in this study to predict model parameters for the AR (1) model from
substrate physicochemical parameters. The mean absolute percentage error (MAPE) of the predicted
AR (1) model coefficients, the constants and the RBP test results at day 28 across DTs with 20 training
set samples are 4.76%, 72.04% and 52.13%, respectively. Using five additional data points to perform
the leave-one-out cross-validation method, the MAPEs decreased to 4.31%, 59.29% and 45.62%. This
indicates that the prediction accuracy of DTs can be further improved with a larger training dataset.
A Gaussian Process Regressor was guided by the DT-predicted AR (1) model to provide probability
distribution information for the biogas yield prediction.

Keywords: RBP test; biogas yield models; decision trees; Gaussian process; regression

1. Introduction

Digestate is a by-product from the anaerobic digestion (AD) process. Due to its high
nutrient value, it can be used as soil improver or fertiliser if the digestate is proved to
be valorised and can meet relevant quality standards [1]. The digestate stability can be
evaluated with a residual biogas potential (RBP) test. The test typically is required to be
carried out under mesophilic conditions for at least 28 days with an appropriate inoculum-
to-substrate ratio and micro- and macronutrients supplemented to avoid the inhibition of
biogas production [2]. The digestate is considered to have consistent quality if the RBP
test biogas yield is below 0.25 L/g volatile solids (VS), as recommended in the Publicly
Available Specification 110 (PAS110), which is a key element of the UK Government’s
anaerobic digestion quality protocol [3].

The 28-day continuous monitoring of biogas production in an RBP test is time-
consuming and onerous for commercial AD operators. This limits the adoption of RBP tests
and regulated markets for digestate. There have been many attempts to find alternative
approaches to RBP that offer rapid tests result. These include assessing acid production
after the inhibition of methanogenesis [4–6] and assessing the digestion of the organic
fraction of the digestate after separation of the microbial cell component [7]. Nevertheless,
both approaches are of great complexity and further research is needed [7].
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Additionally, some researchers have attempted to relate the RBP test results to di-
gestate physicochemical characteristics. For example, the theoretical biogas potential
calculated based on the stoichiometric methane conversion from volatile fatty acid (VFA)
concentrations and the soluble chemical oxygen demand (sCOD) in the digestate sample
were suggested in PAS110 as preliminary pass/fail indicators for the RBP tests [8]. Al-
though these preliminary indicators provide useful information about digestate stability,
they cannot be correlated with RBP values or provide reaction kinetics that can be used to
reveal further digestion performance information including inhibition. In a previous work
reviewing the application of the RBP test for PAS110 [9], correlations between RBP values
and various characteristics, including VFA and sCOD, were investigated. Although some
low to moderate levels of correlations were found for total VFA, total solids and volatile
solids, which account for 40%, 36% and 29% of variation in RBP values, respectively, none
of the indicators are sufficiently reliable to predict the RBP values accurately [9].

Other researchers have evaluated using empirical biogas production models, including
first-order kinetic and Gompertz models, and experimental biogas yield data from the
initial stage of the RBP tests to fit specific accumulative biogas production data from RBP
tests [10–12]. This has led to a promising experimental and modelling ‘hybrid’ approach
using experimental data collected from a shorter RBP duration (3–7 days instead of 28 days)
to calculate model parameters, and then predict the ultimate biogas production. However,
the accuracy of prediction is not sufficient to warrant the replacement of RBP with this
hybrid approach [12]; therefore, further improvement of the modelling process is required.

In this research, we evaluated the strength of fit for four biogas yield kinetic models
including first-order kinetic, modified Gompertz, pseudo-parallel first-order kinetic and
autoregressive (AR) time-series to describe the RBP test biogas production process. The
models are then calibrated using experimental data collected from shorter RBP tests (5, 10,
15, 20 and 25 days) to calculate model parameters that are then used to predict ultimate
biogas production.

In a previous work [9], although using conventional statistical methods, no significant
correlations were found between key physicochemical parameters of digestate samples
with RBP results. Due to the potential interplay of these parameters, which can influence
the RBP results and reaction kinetics, the correlations may be deeply hidden.

Machine learning techniques including multivariate nonlinear regression analysis
with decision trees (DT) were applied to predict the parameters of the biogas production
model from the physicochemical characteristics of digestate samples. Compared with
other multivariate nonlinear regression methods, the DT method is particularly suitable
for a training dataset with limited sample size in this study [13]. The uncertainties of the
predicted biogas yield were then assessed using a Gaussian process regressor (GPR).

The data processing framework described in this work can potentially have a wider
application for other complex biochemical processes that are influenced by multiple physic-
ochemical parameters of the reaction system.

2. Materials and Methods
2.1. Digestate Samples and RBP Test

The sampling point of the 25 digestate samples was the outlet of the final tank from
which the biogas was collected. The AD plants involved in the study are anonymised and
coded as ADP1–25. The inoculum was from the anaerobic digester at Millbrook Wastewater
(WW) Treatment Plant at Southampton, UK. The RBP test followed the standard procedure
described in the PAS110 [3]. Samples were tested in triplicate against two positive controls
and three inoculum-only controls.

2.2. Analytical Methods

Twenty physicochemical characteristics were analysed for each digestate, including
VFAs (total VFA and acetate), total ammoniacal nitrogen (TAN), total Kjeldahl nitrogen
(TKN), alkalinity (total alkalinity (TA), partial alkalinity (PA) and intermediate alkalinity
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(IA)), TS, VS, pH, COD (total COD and sCOD), trace element (TE) concentrations (cobalt
(Co), iron (Fe), molybdenum (Mo) and nickel (Ni)), calorific value (CV) and elemental
compositions (C, H, N). TAN/TKN and IA/PA were calculated as two extra metrics.
TAN/TKN represents the relative contents of ammonia nitrogen and organically bonded
nitrogen and thus how ready the substrate is for microorganism degradation [14]. IA/PA
is an indicator of VFA accumulation in the AD process. Ripley et al. (1986) [15] suggest
IA/PA < 0.3 indicates a stable state of the anaerobic process.

Determination of VFAs is based on the SCA (1979) [16] method Determination of
Volatile Fatty Acids in Sewage Sludge. Supernatant layer from digestate centrifugation
with 10% formic acid were quantified in a Shimadzu GC-2010 gas chromatograph with
a flame ionisation detector and a capillary column type SGE BP-21. TAN and TKN were
determined using a Kjeltech digestion block and steam distillation unit, according to the
manufacturer’s instructions (Foss Ltd., Warrington, UK). Alkalinity was measured by
titration with 0.25 N H2SO4 to endpoints of pH 5.75 and 4.3 in order to allow calculation of
TA, PA and IA [15]. TS and VS were determined with Standard Method 2540 G (APHA,
2005). Total COD and sCOD were analysed by adapting the closed reflux titrimetric method
of 5220C, APHA [17]. TE concentrations were determined using ICP-MS or ICP-OES at
a UKAS-accredited commercial laboratory (Severn Trent Services, Coventry, UK) after
in-house hydrochloric–nitric acid digestion [18]. CV was measured with a CAL2k-ECO
bomb calorimeter (CAL2k, Digital Data Systems, Gauteng, South Africa). Elemental C, H,
and N analysis was performed using a Flash EA-1112 elemental analyser (Thermo Finnigan,
Cheshire, UK).

2.3. Assessing the Strength of Fit for Biogas Production Kinetic Models

Four biogas-production kinetic models commonly used to estimate the kinetic con-
stants of the AD process were compared for their abilities to fit the biogas production of RBP
tests. These models include three empirical models (first-order kinetic, modified Gomperz
and pseudo-parallel first-order models) and a time-series model (first-order autoregres-
sive). The strength of a kinetic model to accurately fit the experimental biogas production
data was measured using R2 values, which indicate the percentage of the variance in the
responses explained by a model.

Additionally, these models were used to predict the 28-day RBP test results by fitting
the models with initial 5, 10, 15, 20 and 25 days’ experimental data using the Matlab
R2021b Curve Fitting Toolbox. Based on the absolute percentage error (APE) between the
experimental data and model-predicted results, the accuracy of prediction and duration of
experimental data required to obtain a sufficiently accurate prediction were investigated
for the following four models:

(1) First-order model (FO): The FO model (Equation (1)) is derived from the assump-
tions that the substrate degradation is a first-order reaction with hydrolysis as the speed-
limiting step and the cumulative biogas yield is proportional to the amount of substrate
degraded (Equation (2)) [19,20].

y(t) = ym

(
1 − e−kt

)
(1)

dc
dt

= −kc
c0 − c

c0
=

y
ym

(2)

where y(t) is the cumulative biogas yield at time t, k is the first-order rate constant, ym is
the maximum cumulative gas production, c is the concentrate of the substrate and c0 is the
initial substrate concentration.

(2) Modified Gomperz model (MG): The modified Gomperz model (Equation (3)) is
derived from the Gomperz model, which is used to describe the microbial activity and has
a signature sigmoid shape [21,22]. It describes the biogas production in terms of the expo-
nential growth rates and lag phase duration of anaerobic degradation microorganisms [11].
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y(t) = ym × exp
(
− exp

(
R

ym
× e × (λ − t) + 1

))
(3)

where y(t) is the cumulative gas production at time t, ym is the maximum cumulative gas
production (mL CH4/gVS), R is the maximum gas production rate (mL CH4/gVS/d) and
λ is the lag phase period or minimum time to produce biogas (days).

(3) Pseudo-parallel first-order model (PP): The pseudo-parallel first-order model
(Equation (4)) is considered to be more suitable for describing the biogas yield of mixtures
of substrates with different kinetic rates (rapid and slow) [23].

y(t) = ym

(
1 − Pe−k1t − (1 − P)e−k2t

)
(4)

where y(t) is the cumulative gas production at time t, ym is the maximum cumulative gas
production (mL CH4/g VS), P is the the proportion of the readily degradable material, k1 is
the first-order rate constant for readily degradable material, and k2 is the first-order rate
constant for less readily degradable material.

(4) First-order autoregressive model (AR (1)): AR (1) is a time-series model that
predicts the present timestep based on the observations from previous timesteps. The
autocorrelation function (ACF) (autocorrelation between timesteps) plots for all the RBP
test biogas yield samples gradually trail off (Figure 1a, using ADP20 as an example).
Therefore, the biogas production process is an AR process. Many time-series models that
essentially model the randomness of the time series data need the trends in the data to be
removed, in other words, to ensure the stationarity of the data. However, the application
of the AR model does not intrinsically require transforming the data into stationary data.
Thus, the biogas yield data were not converted to a stationary process in this study.

Processes 2023, 11, x FOR PEER REVIEW 4 of 13 
 

 

(2) Modified Gomperz model (MG): The modified Gomperz model (Equation (3)) is 

derived from the Gomperz model, which is used to describe the microbial activity and has 

a signature sigmoid shape [21,22]. It describes the biogas production in terms of the expo-

nential growth rates and lag phase duration of anaerobic degradation microorganisms 

[11]. 

𝑦(𝑡) = 𝑦𝑚 × exp (− 𝑒𝑥𝑝 (
𝑅

𝑦𝑚

× 𝑒 × (𝜆 − 𝑡) + 1)) (3) 

where y(t) is the cumulative gas production at time t, ym is the maximum cumulative gas 

production (mL CH4/gVS), R is the maximum gas production rate (mL CH4/gVS/d) and λ 

is the lag phase period or minimum time to produce biogas (days). 

(3) Pseudo-parallel first-order model (PP): The pseudo-parallel first-order model 

(Equation (4)) is considered to be more suitable for describing the biogas yield of mixtures 

of substrates with different kinetic rates (rapid and slow) [23]. 

𝑦(𝑡) = 𝑦𝑚(1 − 𝑃𝑒−𝑘1𝑡 − (1 − 𝑃)𝑒−𝑘2𝑡)  (4) 

where y(t) is the cumulative gas production at time t, ym is the maximum cumulative gas 

production (mL CH4/g VS), P is the the proportion of the readily degradable material, k1 

is the first-order rate constant for readily degradable material, and k2 is the first-order rate 

constant for less readily degradable material. 

(4) First-order autoregressive model (AR (1)): AR (1) is a time-series model that pre-

dicts the present timestep based on the observations from previous timesteps. The auto-

correlation function (ACF) (autocorrelation between timesteps) plots for all the RBP test 

biogas yield samples gradually trail off (Figure 1a, using ADP20 as an example). There-

fore, the biogas production process is an AR process. Many time-series models that essen-

tially model the randomness of the time series data need the trends in the data to be re-

moved, in other words, to ensure the stationarity of the data. However, the application of 

the AR model does not intrinsically require transforming the data into stationary data. 

Thus, the biogas yield data were not converted to a stationary process in this study. 

 

Figure 1. The ACF (a) and PACF (b) of sample ADP20 biogas production time series from day 4. 

The blue lines are the confidence bounds for a significant correlation. The red lines are the autocor-

relation and partial autocorrelation between the current time step and the time steps of different 

lags. 

For most of the RBP test data, the cumulative biogas production curves typically ex-

hibit a rapid gas-production stage in the initial three days followed by a noticeable reduc-

tion in biogas production rate. This means one set of AR model parameters generally will 

result in a poor fitting for both the rapid-production stage and the later stage after the 

initial three days. In this study, to simplify the modelling process, the AR (1) model was 

Figure 1. The ACF (a) and PACF (b) of sample ADP20 biogas production time series from day 4. The
blue lines are the confidence bounds for a significant correlation. The red lines are the autocorrelation
and partial autocorrelation between the current time step and the time steps of different lags.

For most of the RBP test data, the cumulative biogas production curves typically
exhibit a rapid gas-production stage in the initial three days followed by a noticeable
reduction in biogas production rate. This means one set of AR model parameters generally
will result in a poor fitting for both the rapid-production stage and the later stage after the
initial three days. In this study, to simplify the modelling process, the AR (1) model was only
used to model biogas production from day 4 of the RBP tests. The partial autocorrelation
function (PACF) (partial autocorrelation between timesteps) plots of data from day four
for most of the biogas time series samples were cut off after one lag (Figure 1b, taking
ADP20 as an example). Therefore, the biogas production from day four was an AR (1)
process (Equation (5)).

The upper asymptote of an AR (1) process is determined by its unconditional mean
µ = c/(1 − β), which corresponds to the ultimate biogas yield of a substrate.
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Xt = βXt−1 + c + εt (5)

where Xt is the response of the present timestep, the Xt−1 is the response of the previous
one timestep, β is the coefficient, c is the constant and εt is the white noise.

2.4. Prediction of Biogas Kinetic Model Coefficients and Constants Using Decision Tree
Multivariate Regression Method
2.4.1. Decision Tree Multivariate Regression Method

The best-performing model out of the four kinetic models was further studied using
decision tree (DT) multivariate regression analysis. DT is a non-parametric supervised
learning technique that can be applied for both regression analysis and classification,
providing piecewise constant approximations as prediction results [24].

DTs were trained using all physicochemical characteristics listed in Tables 1 and 2
as predictors to predict the coefficients and constants of the best-performing biogas pro-
duction kinetic model. First, RBP results of 20 digestate samples (out of the 25-sample
dataset) were used to train the DT model with the five remaining samples as the test
dataset for model validation. The training process generated 53,130 groups of different
combinations of 20 samples when choosing out of the 25. For practical reasons, a subset of
5000 groups were selected randomly to evaluate the absolute percentage error (APE) and
mean absolute percentage error (MAPE) (Equation (6)) of the predicted biogas production
model parameters and the APE of the calculated ultimate biogas yield. Then, the DT model
was trained and validated using the leave-one-out (LOO) cross-validation method, which
apply four additional set of data to the training data to verify if the prediction accuracy
would improve.

APEi =

∣∣∣∣
yi − ŷi

yi

∣∣∣∣ MAPE =
1
n ∑n

i=1

∣∣∣∣
yi − ŷi

yi

∣∣∣∣ (6)

where yi is the model parameter derived by fitting the model to the entire 28-day RBP test
data, ŷi is the model parameter inferred from the physicochemical characteristics by DT
and n is the number of training set samples.

Table 1. RBP test results on day 28 (d-28) and the physicochemical characteristics of 25 samples (Part 1).

ADP
No.

d-28 Acetate Total-VFA TAN TKN TAN/TKN TA PA IA IA/PA TS VS

L/g VS mg/L g N/kg kg/kg CaCO3 g/kg
1 0.13 178.18 193.57 1.70 3.53 0.48 12.52 9.03 3.49 0.39 49.84 37.12
2 0.18 29.08 37.35 0.62 3.28 0.19 7.97 6.42 1.55 0.24 49.11 30.39
3 0.13 846.78 1016.41 7.98 12.37 0.64 33.38 25.87 7.51 0.29 93.28 67.65
4 0.24 684.05 775.99 4.04 6.48 0.62 17.52 12.42 5.10 0.41 46.43 32.59
5 0.12 247.38 332.57 5.12 7.48 0.69 24.50 16.62 7.88 0.47 56.57 37.49
6 0.06 111.56 115.64 2.80 4.91 0.57 46.43 28.12 18.31 0.65 178.34 50.05
7 0.07 183.61 187.39 2.69 4.44 0.61 58.20 20.92 37.27 1.78 137.43 40.44
8 0.26 14.42 324.32 0.40 1.29 0.31 3.31 2.20 1.11 0.50 17.16 12.11
9 0.36 2633.79 9262.76 6.54 9.23 0.71 23.99 15.62 8.36 0.54 47.79 34.51

10 0.17 134.49 204.90 3.32 5.21 0.64 17.64 13.10 4.54 0.35 46.53 29.51
11 0.30 2662.15 3963.27 2.22 3.14 0.71 9.45 5.22 4.23 0.81 20.38 12.74
12 0.17 23.29 36.68 2.71 4.64 0.58 12.22 8.98 3.24 0.36 36.91 26.50
13 0.16 335.54 364.46 2.80 5.29 0.53 15.73 12.14 3.59 0.30 43.59 29.98
14 0.13 19.25 19.25 0.44 2.25 0.20 3.97 1.85 2.11 1.14 35.04 21.47
15 0.09 250.28 259.05 3.58 6.12 0.58 17.20 13.66 3.54 0.26 58.00 43.56
16 0.38 2706.80 3871.62 3.00 4.87 0.62 11.91 7.76 4.14 0.53 36.65 26.88
17 0.26 36.69 50.29 1.49 2.85 0.52 7.71 5.79 1.91 0.33 29.82 16.42
18 0.25 832.24 1440.64 2.42 4.27 0.57 13.70 9.98 3.72 0.37 59.04 44.97
19 0.14 39.82 53.93 4.62 6.85 0.68 21.13 16.31 4.82 0.30 52.92 38.76
20 0.19 184.69 218.06 5.76 8.55 0.67 23.56 18.34 5.23 0.29 64.64 44.93
21 0.33 89.69 260.15 3.00 5.61 0.54 24.85 14.70 10.14 0.69 211.53 106.18
22 0.22 299.39 353.29 2.25 3.11 0.72 12.78 10.07 2.71 0.27 20.86 9.85
23 0.29 270.61 411.15 4.24 6.56 0.65 17.23 13.24 3.99 0.30 52.49 32.30
24 0.28 215.32 250.62 4.47 6.98 0.64 18.19 13.87 4.33 0.31 50.25 34.87
25 0.29 241.71 272.53 4.77 7.01 0.68 19.52 15.15 4.38 0.29 46.84 31.96
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Table 2. RBP test results on day 28 (d-28) and the physicochemical characteristics of 25 samples (Part 2).

ADP
No.

d-28
pH

CV C H N Co Fe Mo Ni Total-COD sCOD

L/g VS MJ/kg TS % mg/L g O2/L
1 0.13 8.30 16.38 39.20 4.48 5.61 0.85 130.53 0.29 1.20 42.77 6.67
2 0.18 7.41 14.89 37.44 4.57 5.53 0.08 1144.15 0.30 0.50 40.35 2.73
3 0.13 8.35 18.61 34.80 4.52 7.34 0.24 1020.82 0.43 1.75 88.64 21.56
4 0.24 8.17 17.53 40.13 4.89 6.61 0.28 2031.83 0.19 0.60 44.04 12.14
5 0.12 8.45 16.13 38.32 4.20 6.05 0.21 90.76 0.18 0.39 40.69 15.16
6 0.06 8.14 3.29 17.08 1.71 2.20 1.08 2326.91 0.94 7.74 57.29 11.19
7 0.07 8.16 4.41 12.51 1.59 2.25 0.98 1923.48 0.69 5.06 39.32 8.45
8 0.26 7.33 20.26 46.25 5.58 6.11 0.03 87.36 0.07 0.24 28.62 3.16
9 0.36 8.35 22.26 47.75 5.32 8.51 0.09 539.07 0.14 0.50 75.39 35.94

10 0.17 8.04 14.78 36.85 4.00 5.74 0.42 174.88 0.30 0.71 36.12 7.82
11 0.30 7.62 17.02 38.87 4.43 6.30 0.04 210.67 0.08 0.19 28.69 10.00
12 0.17 8.10 18.26 42.43 4.88 6.13 0.25 234.07 0.08 0.28 31.68 10.17
13 0.16 8.37 16.21 38.47 4.47 6.65 1.04 111.12 0.30 1.02 46.88 9.53
14 0.13 7.50 15.25 32.94 4.50 5.78 0.45 1166.46 1.46 1.67 19.63 4.50
15 0.09 8.90 19.86 44.13 5.28 5.22 0.09 151.82 0.25 1.08 65.63 11.87
16 0.38 7.92 19.22 43.49 5.62 6.54 0.09 64.01 0.18 0.26 39.18 18.84
17 0.26 7.92 13.35 30.67 3.82 5.67 0.19 348.02 0.28 0.56 26.51 6.39
18 0.25 8.16 17.76 42.16 4.76 4.34 9.06 227.30 5.68 30.37 55.74 17.00
19 0.14 8.42 17.90 44.56 4.67 6.87 1.42 293.85 0.50 1.33 58.58 14.74
20 0.19 8.15 16.41 38.55 4.55 6.40 1.21 1056.09 0.45 1.55 68.52 15.57
21 0.33 8.07 12.24 33.21 2.64 2.35 2.58 4249.89 1.17 13.79 82.92 12.59
22 0.22 8.32 10.74 24.93 2.88 5.27 0.89 36.94 0.26 0.82 17.76 9.52
23 0.29 8.54 13.84 32.93 4.06 5.59 0.18 649.78 0.16 0.46 54.33 16.54
24 0.28 8.54 16.82 38.59 4.82 6.65 0.38 679.62 0.16 0.58 67.39 15.86
25 0.29 8.67 16.50 36.82 4.71 5.90 0.37 797.93 0.15 0.53 61.56 16.83

2.4.2. Assessing Prediction Uncertainty Using a Gaussian Process Regressor (GPR)

To quantify the uncertainty in the calculated biogas yield using the kinetic model
predicted by DT, a Gaussian process regressor (GPR) method was applied in this study.
GPR is a kernel-based Bayesian tool to perform nonlinear regression. The process is
specified by a mean function m(x) and a covariance function k (x, x’|θ) which defines the
covariances between the responses at any two input locations x and x’. θ represents the
hyperparameters of the covariance function and their values are learned from the training
data by maximising the log marginal likelihood. Once the hyperparameters are decided,
the prediction for new input is performed by computing the marginal posterior distribution
conditioning on the dimensions with known inputs [25].

The principle of GPR is to predict one timestep further each time by fitting one
more datum provided by the biogas-yield kinetic model and the prediction uncertainty
bands were also returned. The predictions of the GPR with zero mean and squared
exponential kernel and the GPR with linear basis function and squared exponential kernel
were compared.

3. Results and Discussion
3.1. Digestate Characterisation and RBP Test Results

The 28-day RBP test results for each set of RBP samples together with the physico-
chemical characteristics of each digestate are shown in Tables 1 and 2. Specific cumulative
biogas yield data collected during the 28-day testing period were reported elsewhere [9]
and were used in the model fitting and training process in this study.

3.2. Assessing Strength of Fit for Biogas Production Models

Within the 28 days of the RBP test, it was noticeable that biogas yields of some samples
in this study had reached a plateau, whilst others still were showing an upward trend close
to the end of the 28-day test. This is clearly due to the different concentrations of readily
degradable materials in the digestate samples. To distinguish these two types of digestate
samples, the 25 digestate samples were classified into two types based on the absolute
average of the daily biogas production change percentages in the last four days: (1) Type I:
less than 0.5%; (2) Type II: more than 0.5% (Table 3).
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Table 3. The classification of two types of RBP test biogas-production time series according to the
absolute average of the daily biogas production change percentages in the last four days.

Type I

ADP 3 4 5 11 12 13 16 19 20 21

Increase
(%) 0.38 0.04 0.26 0.27 0.36 0.31 0.18 0.36 0.4 0.50

Type II

ADP 1 2 6 7 8 9 10 14 15 17 18 22 23 24 25

Increase
(%) 1.07 1.13 1.23 1.56 0.70 0.58 0.58 0.94 0.95 1.13 1.00 0.92 0.77 0.86 0.80

Table 4 shows the R2 values for the fits of the three empirical biogas production models
to RBP test data. Overall, the modified Gomperz model achieved lower R2 values across
the majority of the samples, indicating poorer fitting performance. In contrast, the PP
first-order model could describe the biogas production of almost all samples with an R2

value between 97–99%. The FO model performed better at describing Type I samples,
whereas the PP first-order model was more suitable for substrates mixed with materials
with different reaction-rate constants, and therefore performed better with Type II samples.
However, it is worth noting that there are usually multiple sets of optimal solutions of the
estimates of the PP first-order model’s parameters (Ym, P, k1 and k2). This is because the
nonlinear least-square error function of this model when fitting a particular set of biogas
yield data is not always convex. Therefore, it was not chosen for the study of training DTs
to predict the model parameters from the digestate physicochemical characteristics in the
following section.

Table 4. R2 values of the fits of three empirical models (FO, MP and PP) to the Type I and Type II
RBP test biogas-production time series (R2 values larger than 97% are in bold).

Type I

Fitting R2 Values (%)

ADP 3 4 5 11 12 13 16 19 20 21

FO 98.5 98.4 97.9 86.8 99.0 98.2 99.5 97.7 96.4 97.2
MG 97.6 94.0 96.6 80.7 96.1 91.8 96.0 94.9 88.3 61.6
PP 98.5 98.7 97.9 94.6 99.1 99.5 99.6 97.8 98.7 97.6

Type II

Fitting R2 Values (%)

ADP 1 2 6 7 8 9 10 14 15 17 18 22 23 24 25

FO 97.1 98.6 86.5 77.2 83.2 97.3 98.4 97.6 97.5 97.5 95.5 96.0 98.8 99.1 99.5
MG 88.8 93.9 78.6 85.8 68.2 99.1 93.0 90.8 74.9 88.4 85.6 85.9 96.7 97.3 99.0
PP 99.9 99.6 92.8 92.6 98.0 97.4 98.9 99.5 98.9 97.8 99.1 98.9 98.8 99.1 99.5

In addition, when fitting the PP first-order model in Matlab using the least-square
algorithm, the initial value set for the parameter P should avoid 0.5 and k1 and k2 should
not be the same. Otherwise, the partial derivatives of the error function with respect to k1
and k2 are the same, which means the moving direction of these two dimensions are the
same and the nonlinear search for the minimum value of the error function value will settle
at a local minimum point.

The fitting of the AR (1) model after the initial 3-day rapid biogas production stage
was comparable to the PP first-order model, with R2 values of 99% for the majority of
samples (Table 5), regardless of Type I or Type II data. Figure 2 shows the fits of three
empirical models and the AR (1) model to the cumulative biogas yield in RBP tests.
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Table 5. R2 values of the fits of the AR (1) model to the Type I and Type II RBP test biogas-production
time series from day 4 (R2 values larger than 97% are in bold).

Type I

Fitting R2 Values (%)

ADP 3 4 5 11 12 13 16 19 20 21

AR (1) 98.2 99.4 97.4 97.0 98.6 99.3 99.8 99.7 98.9 90.1

Type II

Fitting R2 Values (%)

ADP 1 2 6 7 8 9 10 14 15 17 18 22 23 24 25

AR (1) 99.2 99.8 85.4 80.9 95.9 99.1 99.5 99.7 98.9 99.1 99.6 99.5 98.7 99.1 99.9
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When using these four models to predict the final RBP results based on experimental
data collected from a shorter test duration (5, 10, 15, 20 and 25 days), none of the three
empirical models and the AR (1) model could achieve a sufficient level of accuracy to
replace full-length RBP tests. This conclusion is in agreement with previous studies [12,26].
When using the first-order model, typically the level of prediction accuracy increases when
more experimental data points are provided. FO performed moderately better than the
MG model at predicting the RBP test result. This result was in agreement with the result of
Nielfa et al. (2015) [26] for biomethane potential test biogas production prediction for the
organic fraction of municipal solid waste and biological sludge co-digestion. However, both
FO and MG models were proved to be unsuitable to predict the RBP result of Type II data.

Using 15 days of experimental data, the PP model could predict the RBP result with
APE < 10% in nearly all the samples (both Type I and II). Therefore, the PP model is a
preferred option for RBP test-result-prediction when the experiment is half-way through.
For the AR (1) model, RBP data fitting and modelling starts from day 4, thus 10, 15, 20
and 25 days of experimental data were used for model fitting. The prediction ability of
the AR (1) model was comparable to that of the PP model. Table 6 shows the predictions
of RBP test results when fitting an increasing amount of experimental data to four biogas
production models (due to the large sample numbers, only seven samples were randomly
selected from each group of Type I and II data).
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Table 6. The level of accuracy (expressed in APE%) of predicted 28-day RBP test result from fitting the
mathematical models to an increasing number of experimental observations from 5 days to 25 days.
APE less than 10% indicates accurate predication (in bold).

Type I Days FO MG PP AR (1) Type II Days FO MG PP AR (1)

ADP 3

5 77.16 24.23 35.08 /

ADP 2

5 46.46 51.94 28.00 /
10 4.98 9.62 7.26 1.15 10 24.34 37.77 24.65 12.20
15 1.01 5.14 2.70 0.47 15 17.34 24.48 6.86 4.52
20 2.10 1.55 0.88 1.71 20 10.98 14.87 2.02 1.63
25 2.29 0.07 3.23 1.81 25 6.40 6.25 0.43 0.27

ADP 4

5 57.99 26.65 52.67 /

ADP 8

5 3.65 27.78 3.8080 /
10 7.50 15.32 7.19 3.97 10 15.24 17.56 15.13 12.57
15 5.00 5.53 4.65 6.00 15 12.03 12.02 8.31 8.62
20 1.84 1.71 4.26 2.63 20 9.62 9.62 5.23 8.20
25 0.40 0.22 1.97 1.91 25 3.48 3.44 2.76 5.74

ADP 5

5 159.25 17.17 105.36 /

ADP 10

5 163.39 37.62 29.58 /
10 1.21 11.80 1.04 8.22 10 7.63 25.74 19.18 2.99
15 1.49 1.72 1.54 1.83 15 7.73 16.41 12.75 0.03
20 0.80 0.86 1.51 2.33 20 5.40 10.20 21.58 0.83
25 1.30 1.29 1.69 2.08 25 3.49 6.22 4.85 1.02

ADP 13

5 23.12 43.08 25.98 /

ADP 14

5 0.16 44.20 5.68 /
10 21.74 27.40 7.71 0.56 10 27.04 32.57 27.06 44.65
15 11.85 12.96 22.50 8.86 15 17.04 19.33 1.20 8.78
20 4.95 4.19 10.03 3.70 20 10.67 10.33 5.62 3.70
25 2.50 1.87 2.91 2.58 25 6.58 4.85 1.92 2.04

ADP 16

5 19.90 37.71 17.89 /

ADP 17

5 1.6464 45.20 11.25 /
10 4.66 18.19 4.76 5.69 10 11.99 26.91 5.02 47.42
15 3.38 8.20 3.05 0.57 15 13.86 17.95 0.84 0.25
20 1.09 2.65 3.70 1.37 20 10.90 11.12 4.12 3.06
25 0.61 0.95 1.00 0.89 25 6.00 4.61 1.53 1.94

ADP 19

5 183.89 24.27 146.92 /

ADP 18

5 2.98 45.76 3.74 /
10 2.33 13.07 2.33 8.62 10 30.94 34.05 30.93 5.6969
15 3.13 7.29 3.41 1.31 15 22.36 22.19 7.51 0.57
20 2.78 3.23 2.79 0.36 20 12.64 11.80 4.16 1.37
25 1.96 1.79 1.91 0.66 25 6.29 4.44 2.96 0.89

ADP 20

5 24.11 31.62 27.78

ADP 25

5 81.36 54.33 28.59 /
10 11.16 21.66 8.64 48.84 10 36.33 23.98 2.24 14.84
15 8.93 13.72 4.54 0.62 15 8.52 14.08 1.09 1.92
20 7.15 9.66 0.06 1.15 20 3.26 7.75 7.05 0.48
25 5.32 6.69 1.12 0.51 25 1.06 4.50 1.34 0.11

3.3. Biogas Yield Prediction from Digestate Physicochemical Characteristics by DT

DTs were first trained with the physicochemical characteristics of 20 digestate samples
as predictors and the fitted coefficients and constants of AR (1) models as responses. A
total of 5000 groups of splits between the training set and test set were randomly chosen
to evaluate the prediction accuracy. The average MAPEs of the predicted AR (1) model
coefficients and constants for among 5000 groups of test sets were 4.58% and 72.04%,
respectively. The MAPE of the calculated RBP test result at day 28 from the predicted
AR (1) model parameters was 52.125%.

With four more samples provided for the training set, the MAPEs of the predictions
for the AR (1) model coefficient and constant with the LOO cross-validation method were
4.31% and 59.29%, respectively (Table 7). The MAPE of the calculated RBP test result at
day 28 was 45.620%. With four more data provided, the prediction accuracy of the RBP test
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result of the DTs improved 12.48%. Additionally, among 25 LOO cross-validation groups,
the APEs of predicted RBP test results of five groups were smaller than 10%.

Table 7. The APEs for the AR (1) model coefficient and constant prediction and the biogas yield at
28th day prediction from the LOO cross-validation method.

Test
Sample

No.

Fitted
AR (1)

Coefficient

Predicted
AR (1)

Coefficient

AR (1)
Coefficient

APE

Fitted
AR (1)

Constant

Predicted
AR (1)

Constant

AR (1)
Constant

APE

Real RBP
Test

Result

Predicted
RBP Test

Result

RBP Test
Result
APE

ADP1 0.932 0.937 0.5% 0.010 0.010 1.1% 0.132 0.137 4%
ADP2 0.949 0.934 1.6% 0.011 0.019 65.6% 0.182 0.243 33.5%
ADP3 0.789 0.884 12% 0.028 0.017 40.2% 0.132 0.141 6.9%
ADP4 0.876 0.896 2.2% 0.030 0.035 17.5% 0.236 0.321 36%
ADP5 0.834 0.850 1.9% 0.020 0.036 84% 0.117 0.236 101.9%
ADP6 0.946 0.813 14% 0.004 0.011 174.7% 0.062 0.057 7.9%
ADP7 0.969 0.932 3.8% 0.003 0.011 293% 0.066 0.137 107.4%
ADP8 0.929 0.937 0.9% 0.019 0.036 84.6% 0.261 0.490 88%
ADP9 0.853 0.893 4.8% 0.055 0.032 41.2% 0.361 0.291 19.5%
ADP10 0.890 0.894 0.4% 0.020 0.023 16.1% 0.174 0.206 18.6%
ADP11 0.900 0.941 4.6% 0.030 0.035 14.6% 0.301 0.506 68.4%
ADP12 0.832 0.950 14.1% 0.028 0.035 23.5% 0.171 0.523 205.7%
ADP13 0.906 0.892 1.5% 0.016 0.009 43% 0.164 0.086 47.6%
ADP14 0.941 0.936 0.6% 0.009 0.010 14.6% 0.129 0.138 7.1%
ADP15 0.901 0.847 6.1% 0.009 0.020 123% 0.086 0.126 46.5%
ADP16 0.864 0.842 2.5% 0.053 0.032 38.7% 0.379 0.205 46%
ADP17 0.934 0.936 0.2% 0.019 0.009 52.8% 0.257 0.139 45.9%
ADP18 0.961 0.870 9.4% 0.013 0.041 211.6% 0.254 0.307 21%
ADP19 0.861 0.898 4.2% 0.020 0.023 16.5% 0.139 0.212 52.5%
ADP20 0.887 0.894 0.8% 0.022 0.022 1.8% 0.194 0.202 4.3%
ADP21 0.818 0.892 9.2% 0.006 0.010 75.2% 0.325 0.092 71.6%
ADP22 0.910 0.939 3.2% 0.021 0.022 7% 0.222 0.315 41.9%
ADP23 0.850 0.846 0.5% 0.043 0.033 21.4% 0.286 0.215 24.7%
ADP24 0.872 0.896 2.7% 0.036 0.034 5.2% 0.280 0.313 12%
ADP25 0.901 0.847 6.0% 0.030 0.035 15.3% 0.287 0.224 21.7%
MAPE 4.3% 59.3% 45.6%

3.4. AR (1) Model Prediction Guide GPR

When training the DTs with LOO cross-validation and ADP3 as the test set, the APE
of the predicted biogas yield on day 28 using the inferred AR (1) model was 6.87%. This is
used as an example for illustration in Figure 3. By accepting one more input each time from
the inferred AR (1) model together with the experimental observations of the first three
days, the predictions of every one timestep further of the GPR with zero mean and squared
exponential kernel were smaller than AR (1)’s predictions for the first few timesteps and
then gradually closer to the predictions of the AR (1) model. This was explained by the
increased fitted GPR model length scale and vertical scale when receiving more training
data. The smaller the length scale, the curvier the underlying function is, and the smaller
the vertical scale, the more concentrated the underlying function is around the mean. In
contrast, for the GPR with a linear basis function, the predictions surged for the first few
timesteps and then approached the AR (1) model predictions. This corresponded to the
decreased slope of the fitted linear mean function. In general, given that only one more
timestep is predicted at a time, the selection of zero or linear mean function is not of much
concern. The 95% confidence interval of the prediction of GPR narrowed when more data
were provided.
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4. Conclusions

This study has demonstrated that it is possible to use RBP experimental data collected
in the initial stage of the test to predict the 28-day RBP result in a kinetic model fitting
exercise. By fitting 15 days of experimental data from RBP tests to kinetic models, the PP
first-order model and the AR (1) model achieved a promising accuracy with APE < 10%.

Further study demonstrated using the decision tree (DT) method that AR (1) model
parameters can be predicted from the physicochemical characteristics of the digestate
samples. This provides potential to further reduce the data requirement to four days of RBP
experimental data and thereby significantly reduce the resting time of a standard 28-day
RBP test to around four days. It was observed that when more training data were included
in the DT machine learning model (from 20 to 24 samples), the prediction accuracy of the
RBP result increased by 12.48%. This indicates that collecting more data to include in the
model-training process can further improve the prediction outcome.

The framework of predicting kinetic model parameters from the physicochemical
characteristics of the substrate can potentially be applied to the yield prediction of the
product from other biochemical reaction processes.
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Abstract: As the anaerobic digestion of energy crops and crop residues becomes more widely applied
for bioenergy production, planners and operators of biogas plants, and farmers who consider growing
such crops, have a need for information on potential biogas and methane yields. A rich body of
literature reports methane yields for a variety of such materials. These data have been obtained with
different testing methods. This work elaborates an overview on the types of data source available and
the methods that are commonly applied to determine the methane yield of an agricultural biomass,
with a focus on European crops. Limitations regarding the transferability and generalisation of
data are explored, and crop methane values presented across the literature are compared. Large
variations were found for reported values, which can only partially be explained by the methods
applied. Most notably, the intra-crop variation of methane yield (reported values for a single crop
type) was higher than the inter-crop variation (variation between different crops). The pronounced
differences in reported methane yields indicate that relying on results from individual assays of
candidate materials is a high-risk approach for planning biogas operations, and the ranges of values
such as those presented here are essential to provide a robust basis for estimation.

Keywords: anaerobic digestion; biogas; methane yield; biochemical methane potential; crop material;
energy crops

1. Introduction

Anaerobic digestion (AD) of organic materials is a proven technology to produce
renewable energy in the form of biogas along with a useful soil conditioner and biofer-
tiliser [1,2]. In agriculture, AD has traditionally been applied to treat cattle and other
livestock slurries, but these are low-value substrates in terms of energy content [3,4]. To
improve the energy yield, a frequently applied strategy is co-digestion, where manure is
combined with energy-rich biomass such as food waste or other types of organic wastes,
including crop residues or biomass grown for this purpose, i.e., energy crops [5–7]. As
bioenergy production from crop-based materials and residues becomes more widespread,
there is a need for information on potential biogas and methane yields of such biomass
types. The information is required as a basis for the selection of crop materials to be grown
and digested, in whole or part; as a reference when estimating potential energy production;
and as benchmark to evaluate performance of biogas facilities [8].

Many sources of information are now available on the methane potentials of various
crop materials. These include scientific journal papers, agricultural textbooks and reference
works, and more recently online databases. For individual crop types, the published
values have been compiled in review articles. Some address methane yields reported
for lignocellulosic crops [9–12]. Others focus on a selection of the most widely grown
agricultural crops across Europe [13–15], on some frequently digested energy crops [16–18],
or on single biomass types such as grass silage [19]. These have established a robust
knowledge base about average methane yields reported in the literature. However, there is
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still a lack of a comprehensive overview on the nature of works informing about methane
potentials, along with an assessment of the variations in methane yields reported. Some of
the quoted yields have been determined using repeatable laboratory-based tests; others
come from data collected from full-scale digesters, and some are calculated values based
on the elemental composition or the content of protein, fat, and carbohydrates. Thus,
the outcome may be a range of values for a given crop material, due both to the nature
of the substrate being tested and to differences between methods of determining the
methane yield.

This paper presents the results of a review of literature values for the methane yields
of various crop materials, particularly those commonly grown in European conditions. The
main aim is to support practitioners and researchers in adequately placing single values
reported in the literature into context and to make them aware of the risks of too strongly
relying on one single value found in a publication. This work captures the diversity of
information and the range of methane yields that a practitioner or researcher is likely to
encounter when searching for a reference methane value for a specific crop material of
interest. To explain some potential sources of variation, the results are structured into
sections based on the methodology used to obtain them. The paper is not intended as
a full technical review of single methods or test protocols; the focus is on clarifying the
main approaches used and on highlighting potential limitations regarding the usage of
literature data.

2. Materials and Methods

This work reviews the characteristics of literature data published on methane yields
of crop biomass and establishes an overview of the variety of values reported. A full
systematic review of all existing data for a specific type of biomass is not within the scope
of this work; the methodology is explorative in so far that literature is selected which
is likely to inform practitioners and researchers who are looking for reference values to
estimate the potential methane yield of a crop material. In line with this goal, the focus is
on data that have been effective in informing others, and thus, only results that have been
quoted more than once by other authors are included. The body of literature reviewed
is the outcome of applying the snowball scheme to the review articles mentioned in
Section 1; i.e., literature listed in review articles was taken as a starting point. The analysis
focuses on original (primary) data, i.e., by default, data are taken from the original source.
Many publications, when indicating methane yields, quote earlier works of the authors or
reference data from papers by others. Such secondary sources are not included here; in each
case, data were tracked back to the original source. In addition, only methane potentials
of commonly used crop-based biomass are considered. This includes data from biomass
pre-treated using methods regularly applied at full-scale installations, such as ensiling,
but not data reported after experimental pre-treatments that are not yet in widespread
use. Furthermore, the focus is on crops that are commonly cultivated under European
conditions. The values presented include data published in the research literature but also
from the technical press, conference presentations, and web-based databases.

Literature sources are structured according to the main methodology applied to study
the methane yield from a biomass. For each case, the type of method by which the results
were determined is presented, and the reported methane yield is given in accompanying
tables. Many studies document the results from several repetitions, and in some cases,
certain results are excluded by the researchers after critical reflection. In line with the goal
of this study, the value taken from each publication is that communicated by the authors as
representing the methane yield determined in their work; this typically is the average of
several repetitions. Each such published result is taken as one data point for the dataset
of this work. Then, the range of methane yields reported for crop materials is presented
and discussed.

To the extent possible, the comparability of data is facilitated by referring to a common
set of standard terms. When describing both the results of analyses and the methods
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used, different authors use different terminology. Tests on physicochemical characteristics
are usually conducted according to standard methods such as those of the International
Organisation for Standardisation (ISO) or national standards. Total solids (TS) content
is the material left after water has been removed, usually by drying at 103–105 ◦C, and
it is also widely referred to as dry matter (DM) (TS is used in this work). Volatile solids
(VS) may also be referred to as organic dry matter (ODM), volatile dry matter (VDM),
or loss on ignition (LOI): it corresponds to the material that ignites at temperatures up
to 550 ◦C and is the fraction from which biogas is produced. VS may be expressed as
a percentage of TS or of the original fresh matter (FM), which is sometimes referred to
as wet weight (WW). Biogas or methane yields may be expressed in terms of VSadded or
VSdestroyed. VSadded refers to the amount of substrate VS added to the digestion, not all of
which may be converted into biogas. VSdestroyed is the amount of substrate VS that was
degraded in producing the biogas, which is always less than or equal to the amount added.
Some publications express biogas or methane yield in terms of TS or FM rather than VS,
and sometimes, COD (chemical oxygen demand) is used (rarely employed in the case of
crop biomass); where possible (i.e., where the relevant information is provided by authors),
such values are converted to the VS basis in the following.

For all experimental methods employing AD, one important aspect for reporting
purposes is the method used for gas collection and for the conversion of gas volumes
to a standard temperature and pressure (STP). As illustrated in the next sections, the
standard conditions used vary and are sometimes not stated, or no correction has been
applied. This may have significant implications when comparing methane potentials, as
1 litre of methane at 1 standard atmosphere (101.325 kPa) and 0 ◦C equals 1.13 litres (L)
at 1 atmosphere and 35 ◦C, which is a temperature frequently used in mesophilic AD
processes. Wherever possible, in the following text, reported values have been converted
to yields in terms of m3 CH4 kg−1 VSadded at STP of 0 ◦C and 101.325 kPa to facilitate direct
comparison; where no information is given on the temperature and pressure conditions
used, this is noted, and gas volumes are taken as reported.

3. Results
3.1. Overview on Types of Testing Methods Applied

Details of the types of methods used to determine methane yields of crops or crop
residues are given in the following sections. These methods can be structured into several
groups:

• Biochemical methane potential (BMP) tests and other long-retention batch assays;
• Short-retention batch tests;
• Continuous/semi-continuous tests;
• Theoretical calculations.

Most of the data reported in the literature originate from laboratory-scale experiments.
Laboratory-based methods are of two main types: batch tests to determine the specific
methane potential, and continuous trials, which are mostly applied to determine the
specific methane production under a selected AD regime. Laboratory-based batch tests
have several advantages when evaluating methane potentials. They facilitate the inclusion
of control substances with a known methane yield so that the experimental setup can
be validated. Multiple replicates can be used, which is seldom the case in large-scale
determinations, and the tests can be operated under optimal conditions including the
addition of nutrients that might otherwise be limiting. To determine methane potentials,
the most widely used batch tests are BMP or other long-duration AD tests, with a retention
time of 35 days or longer: this differentiation into BMP tests and other long-duration
batch tests is only arbitrary in so far that it reflects that some tests are specified in the
literature as being BMP assays, while others are reported more generally as being batch
tests. Some authors have conducted short-retention batch tests to evaluate the methane
yields of different crop materials (see Section 3.3). Others employed continuously or semi-
continuously operated digesters (Section 3.4). Kinetic data from experimental studies are
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sometimes used in modelling to estimate potential values, as reviewed by Pererva et al. [20]
and Raposo et al. [21]; these estimates may be presented with or without experimental
values, but only experimental data are considered here.

In addition to experimental AD tests, some authors employed predictive methods
based on biochemical composition of the biomass to determine the specific methane
potential (Section 3.6). There also exists a set of literature that does not disclose which
method was applied to determine the indicated methane yields (Section 3.7).

3.2. Methane Potentials Obtained in BMP and Long Retention Batch Tests

BMP tests are a form of extended batch test. The BMP of an organic material has been
defined as the ultimate specific methane production under optimised digestion conditions
for an indefinite degradation time [22–24], where optimised refers to the environmental
conditions for microbial degradation rather than any pre-treatment of the substrate. This
provides information on the energy potential of a biomass when used in AD [25,26]
and thus serves as a decision basis for choosing a specific material for biogas production.
Furthermore, the BMP value is often used as a benchmark to assess the efficiency of digester
operation. Comprehensive reviews of factors affecting the performance of anaerobic batch
tests can be found in Raposo et al. [15,21], and reviews of those affecting repeatability can
be found in Mittweg et al. [27]. An inherent feature of well-conducted BMP tests is the
establishment of an optimised digestion environment, in which the biochemical process
will run without inhibition [28]. Different experimental protocols have been developed to
determine BMP values [29–31], and some efforts at standardisation have been made (see
below), but different regimes and set-ups continue to be used [30].

In practice, BMP assays are batch experiments in which a known amount of the test
material is mixed with a sufficiently high quantity of inoculum that contains a mixed
microbial population capable of carrying out the AD process [26]. The headspace of the
test vessel is usually purged before sealing. While purging with N2 removes oxygen and
generates anaerobic conditions, an N2/CO2 mix containing 20–40% CO2 is preferred in
order to minimise pH changes due to loss of CO2 from the test matrix: this is especially
important if the matrix is not heavily buffered and the headspace volume is much bigger
than that of the test solution [24]. Then, the vessel is maintained at a constant temperature,
which may be mesophilic or thermophilic, usually depending on the source of the inoculum
and/or the process under consideration. The contents of the vessel may or may not be
stirred or agitated. The quantity of biogas produced is monitored, and the biogas itself is
released either continuously or on an intermittent basis. In this way, a kinetic curve for gas
production against time can be determined. The biogas composition is generally analysed
through gas chromatography (GC) or infrared analyser (IR) to determine the percentages
of methane and carbon dioxide; alternatively, the CO2 fraction may be removed by reacting
e.g., with sodium hydroxide to give methane only, in which case CO2 content can be
determined by back titration. The BMP assay usually ends when biogas production ceases,
e.g., when the cumulative biogas production curve flattens, or when biogas production
from the test sample is the same as from an inoculum-only control. This can be as short as
50 days for substances such as cellulose [23] or may take 100 days or more for some crop-
based materials due to their lignocellulosic content [32]. In a recent attempt to standardise
BMP tests, it is recommended that the test is terminated when the daily net methane
production during three consecutive days is less than 1% of the accumulated methane
produced from the substrate already [24,31], although the duration of the test should also
be taken into consideration for unexpected degradation patterns or inhibition effects [33].
The inoculum must necessarily be digested separately (under the same conditions) to
obtain a control value (amount of methane produced by the inoculum only); this control
value must be deducted from the results of the test vessels to obtain the yield attributed
to the actual test substrate. When using this type of data, it is important to note whether
it represents methane or biogas production, as the proportion of methane contained in
the biogas varies with both the material digested and the point of time within the assay.
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Dividing the methane yield attributed to the test substrate by the amount of substrate
added gives the specific methane yield. The specific methane yield of the test material may
be expressed in units of m3 (STP) kg−1 VSadded or m3 (STP) kg−1 TSadded, or another unit,
as appropriate.

The BMP results reported by different authors are given in Table A1 (Appendix A),
and the variations are shown in Figure 1.

Figure 1. BMP yields of crops (left side: graphical presentation, the shaded columns show the average of reported values,
the orange squares indicate the median, and the lines indicate the range; right side: tabular presentation, n is the number of
data points).

As noted, there is no single standard method for BMP determination. One of the earli-
est attempts to standardise the analysis was the approach put forward by Owen et al. [34].
Using 250 mL reagent bottles with a serum cap, the substrate and a broad-spectrum inocu-
lum (e.g., from an anaerobic digester treating municipal wastewater biosolids) are added
with a stock nutrient solution, and the test samples are maintained at a constant tempera-
ture; gas volumes are measured using a glass syringe in which the plunger is allowed to
move horizontally until in equilibrium with atmospheric pressure. Jerger et al. [35] applied
this procedure to sorghum in a 60-day incubation at 35 ◦C; biogas production and methane
content were reported as adjusted to STP, but conditions were not stated. Gunaseelan [32]
adopted the method to carry out tests on a range of crop materials in 135 mL bottles at
35 ◦C. Then, 500 mL test units (sealed serum bottles), maintained at 37 ◦C, were used by
Zauner and Küntzel [36]; biogas was removed with calibrated glass syringes and volumes
were converted to 0 ◦C and 101.29 kPa. It is not stated whether the syringes were left in
place and allowed to equilibrate to ambient pressure as in Owen et al. [34], or pressure was
allowed to rise in the system and then intermittently released.

In most systems, the generated biogas leaves the reactor, and its quantity is measured
through gas counters, water displacement, or other methods (see below). Some systems
accumulate biogas within the reactor; these employ sealed serum bottles where the biogas
is occasionally released to determine the BMP of the studied substrate. The raised pressure
alters the partitioning of gases between the liquid phase and the headspace and can
potentially affect the degradation kinetics of digestion; careful management and reporting
of both the pressure regime and the depressurisation stage is necessary to obtain reliable
results. For winter rye, oilseed rape, and faba bean, Petersson et al. [37] adapted a method
originally employed by Hansen et al. [38] for solid organic wastes, using sealed flasks
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with occasional pressure release. This method used 100 mL serum flasks that were placed
in a shaking water bath at 42 ◦C for a 67-day period. Methane yield was calculated by
taking samples of known volume with a pressure-lock syringe before and after pressure
release and measuring methane concentrations by gas chromatography, thus determining
the mass of methane present. Sealed 500 mL bottles with intermittent pressure release
to an acidified water displacement column have been used by a number of researchers
to study energy crops [39–42]. Wahid et al. [43] also used 500 mL pressurised bottles in
90-day assays on miscanthus, but it is unclear whether gas volumes were calculated from
headspace pressures or gas was released to a gas bag. The method is not explicitly stated,
and reference to a publication is made; however, two different methods are employed
there. Jurado et al. [44] employed sealed 117 mL vials to measure methane potentials
of miscanthus, wheat straw, and willow over 50 days; no details are given on how gas
volumes were determined. Kakuk et al. [45] used sealed 160 mL bottles at 37 ◦C in a 45-day
assay for willow; equipment and correction to STP are not clear.

Two attempts to standardise BMP testing were made in the German standards DIN
38414-8 [46] and VDI 4630 [47,48]; the development of these guidelines has been described
elsewhere [26]. The DIN method (originally mainly applied in the wastewater sector)
describes the use of eudiometer tubes for gas collection. VDI 4630 builds on DIN 38414-8
but addresses the use of small-scale digesters more generally, and it provides specific
guidelines for the duration of the digestion. Batch experiments are continued until only a
relatively small volume of gas (<1% of the cumulative total up to this point) is released
each day. Scaled wet gas meters or precision rotor gas meters record gas production. The
DIN and VDI specifications both specify the correction of biogas quantities to STP of 0 ◦C,
101.325 kPa, and dry gas, i.e., corrected for water vapour content. Linke et al. [49] deter-
mined gas yields according to DIN 38414-8 for various crop substrates in tests conducted
at 35 ◦C; however, they reported only biogas yields without methane values, and thus,
the findings are not included in this work. Analyses conducted according to VDI 4630
include those by Gallegos et al. [50], who used eudiometer devices at 38 ◦C for wheat
straw, and by Amon et al. [51], who used 1-litre batch digesters operating at 38 ◦C to
study a range of crops. Machmüller et al. [52] also employed 1-litre batch fermenters at
38 ◦C in a similar experimental set-up to analyse sunflower, sugar beet, maize, clover,
and rye; biogas was monitored daily. Bauer et al. [53] conducted assays (maize, barley,
sunflower, lucerne, sorghum, wheat) in accordance with the DIN 38414 and VDI 4630
methods but used eudiometer batch digesters of 250 mL capacity maintained at 37.5 ◦C,
recording biogas volume on a daily basis with determination of the CH4 content. The VDI
4630 guideline was also employed in Denmark by Heidarzadeh Vazifehkhoran et al. [54]
to test sugar beet (37 ◦C), but digester volumes are not given. Miscanthus was tested by
Schmidt et al. [55] in 2-litre batch digesters at 37 ◦C according to the VDI 4630 method, but
although statistical analysis was conducted, no numerical BMP values are quoted, and thus,
no result is included here. This overview illustrates that a high diversity of equipment and
procedures continues to be applied even when accounting for existing standardisations.

A further method derived from the DIN 38414 and VDI 4630 methods is the Hohen-
heim Biogas Yield Test (HBT), which uses bench-scale glass syringes (100 mL) as the digester
vessels combined with gas collection (in the expanding syringe volume) [56]. Methane
content is periodically determined with the aid of a miniaturised infrared analyser. As the
HBT uses relatively small samples, it is possible to run large numbers of tests concurrently.
Examples of its application to crop materials include maize by Mittweg et al. [27]; cup
plant by Haag et al. [57]; cup plant, energy dock, giant knotweed, and tall wheatgrass by
Mast et al. [58]; and maize and perennial energy crops by Ruf and Emmerling [59].

With the introduction of standardised procedures and guidelines prepared by the IWA
task group for Anaerobic Biodegradation, Activity, and Inhibition (ABAI-Group) [24,31,60],
it has become more common to operate the BMP test until gas production becomes negli-
gible. Nevertheless, some works have continued to apply a fixed pre-defined digestion
period. Chiumenti et al. [61] digested grass (38 ◦C) over a 40-day period; they equipped
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their 4-litre fermenters with bench-scale biogas meters (MilliGascounter, Ritter, Bochum,
Germany) to continuously register the volume of produced biogas. Schmidt et al. [62]
tested five perennial species (cup plant, giant knotweed, reed canary grass, tall wheatgrass,
and virginia mallow) in 2-litre batch digesters at 37 ◦C with a test duration of 42 days.

Other protocols set the digestion times to reflect the point when gas production is
negligible but do not record biogas generation rates during this period. A number of
crop-related assays have been carried out in which biogas was collected in gas bags and
then determined. Pouech et al. [63] operated 0.5-litre batch reactors at 40 ◦C; gas is said
to have been collected in an ‘inspection hole’ (no further description given), stored in
gas-tight bags, and then measured with a 100 mL syringe; however, it is not stated whether
volumes were converted to STP. Methane potentials were measured in 0.5-litre bottles
(300 mL working volume) at 37 ◦C in an orbital shaker water bath by Lehtomäki and
Björnsson [64]; Lehtomäki et al. [65] in 2-litre glass bottles (1.5 L working volume) at
35 ◦C; and Seppälä et al. [66] in 1-litre glass bottles (750 mL working volume) at 35 ◦C over
periods of 80 to 100 days, until gas production was negligible (although it is not clear how
this criterion was ensured); in all cases, gas was collected in foil-lined gas bags. A similar
2-litre apparatus and protocol was used by Kaparaju et al. [67] and Lehtomäki et al. [68].
Kaparaju et al. [67] conducted experiments over 155 days on a range of crop residues.
Lehtomäki et al. [68] examined crops harvested at different growth stages with the duration
of the tests varying between 107 and 189 days. Parawira et al. [69] conducted assays at
37 ◦C in 0.5-litre flasks (working volume 300 mL) maintained in a shaking water bath. The
tests ran for 50 days, being terminated when there was no significant gas production over a
2-week period; gas composition was determined by gas chromatography. Specific methane
yields are expressed in terms of VS destroyed rather than added, but the percentage of
degradation achieved in the test is not given. Apart from Pouech et al. [63], none of
the above papers using gas bags for collection states how gas volumes were measured,
but according to Lehtomäki [70], values were obtained by height difference in a water
displacement column and are quoted at ambient pressure and room temperature (20–22 ◦C)
without correction to STP or dry biogas.

Garcia et al. [71] tested a range of crop materials in 0.5 L digesters at 37 ◦C (45 days,
checked for final daily production rate); gas volumes were determined by a water displace-
ment method, but no information is given on any volume corrections. Measurement of
biogas production in liquid displacement cylinders containing a barrier solution of 75%
saturated sodium chloride at pH 2 was reported by Cornell et al. [72] for maize (37 ◦C,
44 days) and Rincón et al. [73,74] for wheat (35 ◦C, 96 days and 37 ◦C, 79 days). In each
case, 1.5 litre stirred tank reactors maintained at constant temperature in a water bath were
employed, and gas composition was measured each time the cylinders were refilled with
the barrier solution, at maximum intervals of five days when gas production rates were low.
Cornell et al. [72] does not indicate whether gas volumes are expressed at STP. It should
be noted that the use of this type of barrier solution reduces but does not prevent CO2
losses [75], and therefore, this method is more suitable for tests of rather short duration or
where only methane yields are to be reported.

The availability of proprietary systems from various suppliers has been making
BMP tests more popular in the last five years, because such solutions offer ready-to-use
equipment with pre-defined specifications. Pererva et al. [20] lists several types of systems
available (including YieldMaster, Nautilus BMP, Anaero Technology, AMPTS II). Most users
have digested wastes, but some have studied crop-based materials. The BMP of miscanthus
species harvested at different growth stages was evaluated by Peng et al. [76] using AMPTS
II (Bioprocess Control, Sweden) with flow cell gas measurement in a trial ending when
daily gas production was <1% of the cumulative total. Virkajärvi et al. [77] used AMPTS
II for BMPs of grass and grass with clover, but the test duration is not reported. The
same system was used by Nges et al. [78] and Li et al. [79] to assess the methane potential
of miscanthus (50-day period), and miscanthus was further tested by Thomas et al. [80]
(48 days).
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A number of BMP publications are not considered in this work for methodological
reasons. As an example, Pohl et al. [81] and Heeg et al. [82] carried out BMP assays on wheat
straw in 2-litre gas fermenters with separate gas holders, but no detailed description of the
gas measurement method is provided; and the results presented are based on modelling so
are not included here. Rocha-Meneses et al. [83] used pressurised 575 mL serum bottles at
36 ◦C to determine the BMP of barley straw, but the pressure release regime is unclear, and
as the reported values are based on a numerical model, they are not included here. Sealed
309 mL bottles at 36 ◦C were used by Ohlsson et al. [84] in a 94-day BMP assay for willow,
with gas measurement on five occasions, but the pressure release regime is not specified,
and values are available on a TS basis only, so they are omitted here. While such studies
may satisfy the specific research interests of the authors, the transferability of findings is
reduced by omission of the supporting data.

3.3. Methane Production Obtained from Short Retention Batch Tests

Values for methane yields have been obtained from other batch tests, which are
sometimes carried out in larger-scale reactors but with gas production often measured over
shorter periods. These methods may produce lower biogas or methane yields than a BMP
assay, as complete digestion may not be achieved within the test period, and therefore, the
full potential of the material may not be realised. On the other hand, these tests monitor
the readily biodegradable components of the material, and it can be argued that the shorter
duration more closely resembles the digestion time in continuous operation under standard
practice. Therefore, the data may draw the attention of readers interested in methane yields
obtainable in practice. The current study only includes publications where the methane
yield of a specific substrate was explicitly explored and excludes, for example, research
that focused on co-generation mixtures to enhance digester performance. In some cases,
the equipment employed usually serves to investigate the performance of a specific reactor
type (including leach-bed reactors or two-stage systems) rather than the methane potential
of substrates. The review illustrates that the documentation of equipment and procedures
used in many cases is even more deficient than for BMP studies.

In some cases, the methods are well-documented, but methane yields are not clear.
Linke and Schelle [85] used a range of batch reactors (in accordance with the guidelines
in VDI 4630) with working capacities of 1–66 kg, operated at 35 ◦C to digest hemp and
grass. Gas production was measured with scaled wet gas meters or precision rotor gas
meters, but biogas values only are reported, without methane yields, and therefore, these
results are not considered here. Heiermann et al. [86,87] and Heiermann and Plöchl [88]
adopted the method described by Linke and Schelle [85] for various crops (barley, rye,
triticale, fodder beet, grass, hemp, ley crop, lucerne, maize), with digestion conducted at
35 ◦C over a period of 28 or 29 days, at a working capacity of 1.4 kg, with reactor vessels
connected to scaled wet gas meters for measuring biogas production (results presented
only in graphs). The methane content of biogas is reported as having been determined
three and four times respectively during the digestion period. This approach may lead to
errors, as gas composition may change significantly during the period. It is also difficult
to read precise values from graphs. In addition, neither of the papers by Heiermann
et al. [86,87] state whether the reported gas volumes were adjusted to STP. These results
are not considered here.

The failure to convert gas volumes to STP, or to report whether such conversion has
been carried out and what conditions were used, is a frequent problem in the analysis of
literature data. This applies to studies conducted around 40 years ago, but it is a persistent
issue also in more recent publications. Early studies that have been frequently cited are
those by Badger et al. [89] (kale, maize, oats, sugar beet tops, and wheat straw) and
Zubr [90] (cauliflower, oilseed rape, rhubarb, sugar beet, etc.). Badger et al. operated batch
reactors (800 mL in 1-litre bottles) at 37 ◦C; the volume of biogas produced was measured
using displacement of CO2-saturated water. Methane yields were obtained after varying
digestion times (17–36 days) depending on the amount of gas produced each day. Quoted
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gas production values are not adjusted for STP conditions. Zubr’s experiments were carried
out using equipment consisting of a 3-litre batch fermentation reactor, a 30-litre PVC gas
collector, and a central water reservoir; fermentation was at 35 ◦C for durations varying
from 27 to 36 days, but it is not indicated whether the quoted gas yields are adjusted to
STP conditions.

Among the studies published in the last 15 years, a relatively broad range of proce-
dures and equipment types have been used, and it is not always possible to assess the
accuracy of reported values. Svensson et al. [91] examined ensiled sugar beet tops and
wheat straw in batch reactors at 35 ◦C; the tests on sugar beet tops were conducted in a
single stage batch reactor (20 days), while those on wheat straw were in a leach-bed reactor.
The method of gas collection is not given, and it is also not stated whether quoted gas
yields are adjusted to STP conditions. Gas collection columns were used by Nizami and
Murphy [92] during investigations of the potential of ryegrass for methane production, in
reactors with a working volume of 1.5 litres operated at 38 ◦C for 26 days; it is not stated if
the measured gas volumes are corrected to STP. Raposo et al. [93] used glass vessels with a
5-litre working volume (35 ◦C) to digest maize over 20 days; gas volume was determined
by water displacement and values corrected for STP, although the conditions are not stated.
The combination of short retention time and substrate processing may account for the low
values recorded. Yan et al. [94] investigated the biomethane production of various leafy
vegetables over a 25-day test period in pressurised mesophilic (37 ◦C) 500 mL reactors; gas
volumes were corrected, but the STP conditions used are not stated. Tilvikiene et al. [95]
worked at a larger scale, employing 20-litre batch digesters at 38 ◦C, equipped with drum-
type flow meters to determine gas production; the duration of the test and the conditions
applied for volume correction are not stated.

In some cases, equipment and procedures are well described, but the applied digestion
temperature is not clear. Kaiser et al. [96] examined a range of crop materials in 2-litre batch
reactors, each with an individual small-scale gas counter (Milligascounter), in climatic
test cabinets; methane yields are reported at STP, but the operating temperature of the
reactors is not given. Overall, mesophilic tests are more common than thermophilic in
both batch and continuous/semi-continuous experiments. Mesophilic tests with clear
documentation include those by Mähnert et al. [97], who adopted the method described
by Linke and Schelle [85] to digest grass (cocksfoot, among others), in 2-litre reactors at
35 ◦C; the volume of biogas produced was measured using calibrated wet gas meters and
reported as cumulative yield after 28 days. Methane content was determined periodically.
A similar method was used by Herrmann et al. [98–100] to measure methane production
of various crop feedstocks in 2-litre reactors at 35 ◦C, reporting cumulative methane yield
over 30 days corrected to STP. Kreuger et al. used 500 mL flasks incubated in a mesophilic
water bath [101] to test hemp, maize, and sugar beet, and Gissén et al. [102] used them to
test grass, hemp, maize, sugar beet, and triticale. Thermophilic tests were carried out by
Bruni et al. [103] in batch assays with a total volume of 2140 mL at 55 ◦C on a range of
maize varieties harvested at various times. Kreuger et al. [104] used 500 mL flasks, with an
active volume of 300–350 mL, to conduct assays on hemp; flasks were incubated at 50◦C in
a shaker water bath and terminated after 32 or 34 days.

Since the introduction of proprietary systems on the market, such solutions have also
been widely employed in the last 5 years for short-duration batch tests. Spence et al. [7]
examined substrates, including grass and triticale, at 38 ◦C for 20 days using a proprietary
system with automated normalisation to STP (Anaero Technology, Cambridge, UK). Tests
on the effect of harvest date and cutting length for grass and whole-crop rye and wheat
were carried out by Prade et al. [105] using the AMPTS II system, with values reported
as dry gas at STP after 30 days of digestion. Allen et al. [106] also employed AMPTS II
for various substrates; the test duration is not explicitly stated but appears to have been
30 days. Nges et al. [107] tested wheat straw (AMPTS II, 30-day batch test). Kolbl et al. [108]
used AMPTS II modified to accommodate 5-litre vessels for a range of materials including
triticale and maize over a 34-day test period. Zhao et al. [109] used the WAL-BMP-Test
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system 3150 (WAL, Germany) to measure the methane potential of maize stover over a
21-day test period.

The reported results from these batch tests are given in Table A2 (Appendix A) and
shown in Figure 2.

Figure 2. Methane yields from various crops obtained in short-retention batch tests (left side: graphical presentation, the
shaded columns show the average of reported values, the orange squares indicate the median, and the lines indicate the
range; right side: tabular presentation, n is the number of data points).

Fairly large variations can be seen for the individual crops. Some of this variation is
probably because some of the tests used ground/milled feedstock. As a tendency, average
methane values reported from short-duration batch tests are lower compared to BMP
results, which is in line with the expectation of more complete digestion in BMP trials.
However, the differences are not always high. For the relatively rapidly digesting maize,
the average value in short-duration batch testing is 0.32 m3 CH4 kg VSadded, which is
reasonably close to the 0.35 m3 CH4 kg VSadded obtained as an average value in the BMP
assays. Similarly, ryegrass reaches on average 0.38 m3 CH4 kg VSadded in the short-duration
testing compared to 0.40 m3 CH4 kg VSadded in the BMP experiments. For grass, a slightly
higher average methane yield is found in the short-duration trials (0.33 CH4 kg VSadded,
while it was 0.32 CH4 kg VSadded in the BMP testing). This contradicts the expectation that
a shorter digestion produces less methane. This set of data further highlights the high vari-
ations among reported results and the limitations in the comparability and transferability
of reported data.

3.4. Methane Production from Continuous/Semi-Continuous Digestion Processes

Experiments that more closely resemble industrial-scale processes can be conducted in
continuously or semi-continuously fed laboratory-scale reactors. These are generally stirred
or mixed in some way and maintained at constant temperature, and they are fed a measured
amount of feedstock on a regular basis (usually daily), with digestate being removed in
order to maintain the quantity of material within the digester. Biogas production may be
measured by collection above a barrier solution or in gas-impermeable bags, with periodic
recording of the volume collected, or by continuous monitoring via gas flow meters. The
methane content of the biogas is generally determined through compositional analysis of
samples taken at defined intervals.
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Such experiments typically run for at least three hydraulic retention times to allow the
establishment of steady-state conditions or to reveal any adverse operational symptoms.
Thus, biogas production takes place in conditions similar to those in full-scale digesters.
In a continuous or semi-continuous trial, the organic loading rate (OLR) in terms of
kg VSadded m−3 digester day−1 is usually higher than the equivalent loading calculated
over the duration of a BMP test; the average retention time is often less than the duration
of a full BMP test; and in a completely mixed reactor, a proportion of the feedstock is
removed after a very short period. For these reasons, the specific gas yield on a VS-added
basis is expected to be lower than in a BMP test on the same material. Daily biogas
production usually shows some fluctuation. This may be for a number of reasons, such
as the heterogeneous nature of the feedstock, acclimation of the inoculum, and slight
changes in operating parameters, e.g., feeding time. An average gas production rate can be
determined over a period of time after the digestion trial has reached steady state.

A growing body of literature documents results from laboratory trials conducted in
continuously or semi-continuously fed reactors, but the picture is less complete compared
to batch testing when considering only those experiments where no process inhibition
was observed and where a specific type of crop was individually tested. This criterion
excludes many of the published works. As one example, in addition to carrying out
BMP tests, Wahid et al. [42] attempted thermophilic (55 ◦C) mono-digestion of lucerne
in a 15-litre working volume continuously stirred tank reactor (CSTR) over a 70-day
experimental period, but they were unable to establish stable operation; therefore, results
are not included here.

A relatively broad diversity exists among the scales and types of systems used. Most
works employ CSTR, but other systems are also used. Similarly to the observations made
above on short-retention batch tests and many BMP tests, the quality of reported values
cannot always be assessed with precision because essential information is not documented
in the publications.

For some published methane production results, expression on a VS basis is not
possible. Stewart et al. [110] operated 20-litre CSTR digesters at 35 ◦C, with a retention time
of 20 days, using kale, maize, oats, grass, wheat, and barley straw, among others. Biogas
yields were determined daily by collection in 60-litre PVC gas collection bags from where
the gas was vacuum-pumped through a gas meter; no information is given on whether the
reported values are adjusted to STP. Methane yields are available on a TS basis only, and
thus, the results are not considered here.

In many cases, the method for gas measurement is not clear, or information on
conversion to STP is deficient. Scherer et al. [111] ran four laboratory-scale digesters at
37 ◦C, 45 ◦C, 60 ◦C, and 65 ◦C, fed with fodder beet silage; however, the method of gas
collection is not given. Nges and Björnsson [112] operated two 4-litre CSTR digesters
at 38 ◦C on sugar beet with biogas collected in gas-impermeable bags, but the method
of volume measurement and any corrections to STP are not reported. Zhu et al. [113]
conducted a two-stage process (1-litre CSTR followed by 5-litre CSTR) looking at H2 and
CH4 production from homogenised potatoes; the volume of gas produced in each stage
was determined using a water displacement technique, but it is not stated whether gas
yields are expressed in terms of STP. Haag et al. [57] employed 20-litre horizontal digesters
at 40 ◦C to determine the biomethane potential of cup plant; gas volumes and composition
were measured automatically, but no details are reported of any corrections applied, and
the duration of the experiments is not given. Lehtomäki and Björnsson [64] operated
two-stage digesters (10 m3 leach-bed hydrolytic reactor plus 2.6 m3 leachate recirculating
methanogenic reactor) under mesophilic conditions; gas volumes were measured using gas
flow metres, but it is not stated whether the reported values were converted to STP. Nizami
and Murphy [92] operated a two-stage CSTR system at 37 ◦C consisting of two digesters of
312-litre volume with 160 litres of gas headspace to examine the effects of varying loading
rate on the digestion of grass; it is not reported if gas yields are corrected for STP or water
vapour content. Semi-continuous digestion of maize stover at 37 ◦C was tested in wet
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(5-litre CSTR) and dry (packed-bed) fermentation conditions by Kakuk et al. [114], with gas
volumes measured by mass flow controllers, but details of STP corrections are not reported.

Veluchamy et al. [115] used a mesophilic (35 ◦C) plug flow digester with a 50-litre
working volume working in fill-and-draw mode for the semi-continuous digestion of
maize silage at a range of OLR. Hydraulic retention times ranged from 13 to 25 days, but
the digester only operated at each OLR for 30 days. Gas volumes were measured using a
multi-chamber rotor meter; whether values were corrected in any way is not stated.

Rincón et al. [116] ran eight CSTR reactors with working volumes of 4 litres at 35 ◦C,
using winter wheat collected at medium milk harvest stage; digesters were fed at loading
rates of 2, 3, 4, and 5 g VS L−1 day−1. Gas production was measured using tipping-
bucket gas counters with continuous data logging. Calibration was checked weekly by
collecting the gas in an impermeable bag; gas volumes were corrected to dry biogas at STP
as described in Walker et al. [75]. Wheat straw digestion was tested by Pohl et al. [81,117]
and Heeg et al. [82] in two-stage systems consisting of an upflow anaerobic solid-state
(UASS) reactor with a working volume of 39 litres and a 30-litre anaerobic filter under
mesophilic (37 ◦C), thermophilic (55 ◦C), and hyperthermophilic (60 ◦C) conditions. Biogas
volumes were measured by flow meter (Ritter, Germany) and normalised to STP and 0%
humidity. Nges et al. [107] carried out semi-continuous digestion of wheat straw under
various regimes of nutrient addition and digestate recycling in 15-litre CSTRs at 37 ◦C,
with OLRs of 2–4 g VS L−1 day−1 and a fixed SRT of 30 days. Gas volumes were measured
using a real-time monitoring system with built-in correction to STP (Bio-process Control
AB, Lund, Sweden).

Values reported for various crops are documented in Table A3 (Appendix A). Rela-
tively high variations are found across literature sources. For many crops shown in Table
A3, including grass, ryegrass, wheat, and sugar beet, the methane yields are reasonably
close to those found in BMP testing (Section 3.2), which illustrates the effectiveness of such
processing, if operated in an optimised way and without inhibition occurring.

3.5. Variations of the Reported Methane Potential for Various Crops

Experimental results reported for the specific methane yields of different crops are
summarised in Figures 3 and 4. Literature data from the experimental tests described above
(batch and semi-continuous/continuous assays) are considered in both figures. Figure 3
contains all values for each crop, including all growth stages and crop parts. Figure 4
shows the values for various crops where these have been divided into crop parts or other
specifications, e.g., straw, whole crop, or ensiled.

As can be seen in Figure 3, the range of values is particularly large for clover, grass,
maize, oats, rye, ryegrass, sugar beet, sunflower, wheat, and willow, but high variations
are also found for other crops. The average specific methane values for the individual
crops range between 0.18 (giant knotweed) and 0.39 (ryegrass, vetch) CH4 kg−1 VSadded.
However, for many of the single crops, the range of reported values is much wider than
this inter-crop variation. Therefore, the difference between reported values for a single crop
(intra-crop variation) is frequently greater than the difference between crops (inter-crop
variation). Thus, when relying on single publications, the interpretation of the methane
yield risks being misleading, because the identified value might be particularly high or low.

Disaggregating the data according to plant components (Figure 4) removes a part of
the intra-crop variation, in particular for maize, oats, sugar beet, and wheat, but not all of it.
Evidently, it can be advantageous to know as many details as possible about the biomass
treated, but relying on literature data still bears the risk of being confronted with a value
that is particularly high or low. Figure 4 shows a selection of crops only, as disaggregated
data are not available for all the crops included in Figure 3.
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Figure 3. Methane yields obtained in experimental (batch and semi-continuous/continuous) tests (left side: graphical
presentation, the shaded columns show the average of reported values, the orange squares indicate the median, and the
lines indicate the range; right side: tabular presentation, n is the number of data points).

Figure 4. Methane yields separated into various crop parts or other specifications (left side: graphical presentation, the
shaded columns show the average of reported values, the orange squares indicate the median, and the lines indicate the
range; right side: tabular presentation, n is the number of data points).
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3.6. Methane Production Based on Elemental/Biochemical Composition

Another method by which methane potential can be determined is through knowledge
of the elemental composition of the feedstock material, which is followed by application of
an equation such as that given by Symons and Buswell [118] and Buswell and Hatfield [119].

CcHhOoNnSs + 1/4(4c − h − 2o + 3n + 2s)H2O→ 1/8(4c − h + 2o + 3n + 2s)CO2 +
1/8(4c + h − 2o − 3n − 2s)CH4 + nNH3 + sH2S

(1)

The Buswell equation has been used to calculate the maximal potential methane pro-
duction of defined organic chemicals, such as different sugars and alcohols. However, this
equation is not readily adapted for complex substances containing refractory components,
as, for example, lignocellulosic materials. The methane yield calculated from the Buswell
equation is a theoretical maximum and thus should be always higher than values mea-
sured in a biochemical assay. When applied to defined organic chemicals, such as sugars
and alcohols, reasonably good agreement between experimental and theoretical values
can be obtained. However, for complex substances containing refractory components
(e.g., lignocellulosic materials), the results of the Buswell equation need to be adjusted;
this can be done based on fibre content (estimated or measured) or ruminal digestibility as
demonstrated by Czepuck et al. [120].

Alternatively, the potential biogas and methane yield can be calculated based on the
biochemical composition of the material in terms of its carbohydrate, protein, and fat
content, and an assumed or calculated yield for each of these constituents. This has now
become a frequently-used method to estimate the methane potential of biomass. For accu-
rate results, the carbohydrate component should refer to readily available storage materials
such as starch, rather than to cellulosic material embedded in lignin, which may be less
degradable. An example of this approach is found in Linke et al. [121], which gives results
for a range of cereal whole crop substrates based on calculated values from protein (taken
as 0.7 L biogas g TS−1), fat (1.2 L biogas g TS−1), and carbohydrate (0.8 L biogas g TS−1)
with predicted percentage of CH4 in the biogas. Then, the values for biogas and methane
yield are predicted from the measured composition of the substrates including total solids,
ash content, fibre, fat, and protein as given in DLG (German Agricultural Society) [122].

A similar method is adopted as the basis for the database maintained by LfL (Bavarian
State Institute for Agriculture) [123], where calculated methane potential values for a range
of substrates are available, based on the content of protein (taken as 700 L biogas kg TS−1),
fat (1250 L biogas kg TS−1), and carbohydrate (790 L biogas kg TS−1) and on the substrate
digestibility taken from animal fodder value tables. Values are given for biogas yield and
methane composition, and these have been used to calculate the methane values given in
Table A4 (Appendix B).

Hundreds of papers are available where this approach has been used. Methods
and their applications have been reviewed [124]. Combining experimental testing and
calculation of methane potential from proximate analysis is also common [106]. It is not
within the scope of this work to review the results calculated with this approach across the
literature, as the focus here is on experimental determination of methane yields. Table A4
lists some results to provide examples.

3.7. Results Published without Methods

A number of values for the methane yield of various crops have appeared without
details of the methods used to determine them. Examples can be found in different media,
for example in conference presentations [125], in handbooks for practitioners [126], in
books [127], on web sites [128], and also in journal publications [129]. The existence of
methane values provided without indicating the method by which these were determined
might reflect one of the key challenges elaborated in this work—namely, the high variability
of methane yields reported in the literature along with strongly differing methods applied,
which make the data difficult to interpret. A detailed review of the publications that do not
report the methods used is not within the scope of this work. However, some values are
listed as examples in Table A5 (Appendix C). Those data tend to be close to average values
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found in experimental works as reported in earlier sections of this publication. This might
indicate that they have been compiled by considering the data published across various
works. However, a lack of transparency must be critically mentioned.

4. Discussion
4.1. Issues Potentially Affecting the Precision of Methane Potential Reported in Literature

The BMP test provides the most reproducible approach for the determination of
ultimate methane potential. Its main advantage is the possibility to process the biomass
under environmentally optimised conditions; for this to be fulfilled, careful attention
is required to ensure adequate procedures and conditions, including a sufficiently high
inoculum-to-substrate ratio [Koch et al. 2020]. The BMP test can only give a valid result for
the ultimate biochemical methane potential of a substrate when no inhibition and no loss
of biogas occurs.

Several specific points can be highlighted from the observations made. For some
experimental set-ups, long processing times applied to determine the BMP of slowly
degrading biomass can be assumed to have influenced precision of results, e.g., the methods
where a barrier solution was involved [72,73] (see Section 3.2). This approach can lead
to a loss of both CO2 and CH4, but more CO2 because of its greater solubility [75]. In
short-duration tests where substrate is rapidly degraded, this may not strongly affect the
BMP result, but at longer digestion times, the impact could be significant; and the method
is unsuitable where values and production kinetics for biogas rather than methane are
required. However, one advantage is that the level of the barrier solution can be logged
automatically at short intervals, giving a more detailed picture of gas production kinetics.

Some methods involve an extra step to determine gas volumes after storing the biogas
in gas bags. However, the equipment and procedures used are not always clearly stated,
hindering any attempt to evaluate the results. Gas collection bags are not completely
impermeable or leak-proof. Different qualities exist (foil-lined gas collection bags are
now standard), and the rate of diffusion from a bag will also vary for different gases
(unpublished experimental data, University of Southampton). Other systems involve
pressurised conditions as biogas accumulates in the test system, but the exact pressure
regime and its management is often unclear. Depending on the method used to release
pressure and in particular the time allowed for equilibration of headspace and liquid
phase, pressurisation can affect the quantity of dissolved gases [24], altering the relative
proportion of CH4 and CO2 due to the higher solubility of the latter. This may affect the
pH and carbonate equilibrium of the digestion process and thus influence its outcome and
kinetics. Manometric measurement can also be a source of error due to leakage as well
as volume and pressure errors [130]. Especially when working at relatively small scale,
gas storage over differing time periods and the use of apparatus to extract and quantify
volumes can all introduce potential risks and variations due to technical or managerial
challenges. These will affect both the BMP value and the gas production kinetics.

As noted above, many publications do not specify whether gas volumes are corrected
to STP or, if corrected, do not give the actual temperatures and pressures used. In particular,
reference temperatures can vary significantly between standards, and higher values will
give larger volumes. It is also not always clear whether the measured biogas yields were
corrected for water vapour content, i.e., expressed as dry gas. In some cases, the selected
duration of the test is not concisely explained; sometimes, no information is provided, and
sometimes, a weak criterion such as “negligible gas production” is given with insufficient
detail for replication.

An increasing number of studies are now using proprietary systems, i.e., test arrange-
ments that are available as complete systems on the market. This specifies the equipment
used and the general procedures but does not necessarily improve the accuracy of testing
and precision of the reported results. Proprietary systems usually automatically correct gas
volumes to dry gas and STP, but this automatised feature increases the likelihood that the
relevant information is not included in publications. One particularly challenging point
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regarding proprietary systems is that they generally use relatively small sample volumes,
and thus, a high level of pre-processing is needed to ensure homogeneity. Regardless of
the system used, the knowledge and skills of the users are critical to improve the quality of
reported results [60].

The extent to which the variations among methane potentials reported in the literature
can be attributed to the differences in methods applied cannot conclusively be quantified
based on reviewing the published data. A wide range of other potential errors can affect the
accuracy of the BMP assay and make comparison of results from different tests problematic.
These include inadequately homogenised samples (substrate), poor choice of inoculum-to-
substrate ratio, lack of buffering or nutrient deficiency in the substrate–inoculum mix, and
incorrect or inadequately defined methods for monitoring and calculating biogas/methane
production [23,75,131]. Furthermore, the number of repetitions conducted is likely to
impact the precision of findings. The composition of crop biomass also varies significantly
depending on the stage of growth in which the crop was harvested [132,133], the condi-
tions under which it was grown (soil type, climatic conditions, year-on-year variations in
weather) [134,135], and on post-harvest storage conditions [136]; in turn, these factors affect
the energy potential. To produce reliable and meaningful data, it is essential to understand
the limitations of BMP tests and the complex requirements for their adequate application.

4.2. Limitations Regarding Literature Data from Experiments Other Than BMP Tests

Short-duration batch tests will primarily show the gas yield obtained from readily
degradable components, while other components may require longer digestion times.
Therefore, with a view to estimating the ultimate methane potential of a specific crop, this
type of data is less useful compared to BMP test results. Especially for slowly degradable
biomass, data from this type of tests must be interpreted with care, and any pre-treatment
such as grinding may also have a significant impact on the result.

As with BMP tests, some of the variation in reported methane yields is likely to
originate from the differences in the methods applied to determine these, but quantification
of this impact and assessment of the main factors driving it was not feasible based on the
published data. However, one recurring issue across the literature reviewed is that not all
values are expressed as dry gas at STP, while in some cases, it is unclear whether or not any
correction has taken place.

Compared to batch tests, trials that apply continuous/semi-continuous digestion
processes are closer to conditions in full-scale digesters, but they have their own limitations.
A number of process parameters can influence methane production in continuous or semi-
continuous digestion. For example, specific biogas production tends to be lower when
intermediate products (e.g., VFA) accumulate in the digester, or when the digesters are
run at very high OLR or very short retention times [65,137,138]. A simple kinetic model
for indicating the effect of OLR on biogas yield for crops was derived by Mähnert and
Linke [139] and applied to maize, rye, and beet silage with success, although results were
provided only graphically.

It should be noted that this work only included data where no inhibition was ob-
served during testing. Many experiments with continuous processes are designed to study
potential inhibitions. As such, it is relatively challenging to identify works that inform
about the methane potential of a biomass rather than its kinetic performance. Ensuring
optimum environmental conditions in continuously/semi-continuously operated digesters
is more demanding than running BMP tests, and minor process inhibition might not
necessarily be noticed. Nevertheless, data from continuously operated digesters are also
useful because they demonstrate the actual methane production under current practice
in digestion technology and operating protocols. Extended studies under steady-state
conditions, normally defined as operation for a minimum of three hydraulic retention times
(HRT), can benefit from biomass acclimatisation to the feedstock, and well-designed studies
with replicate digesters running at different OLR, HRT, and/or nutrient supplementation
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strategies are labour-intensive but can provide detailed insights into optimal conditions
and performance.

4.3. Transparency of Published Data

This review has identified frequent deficiencies regarding the full documentation of
experimental equipment and procedures applied. Such deficiencies reduce the usefulness
and comparability of data. Results published without methods are particularly difficult
to evaluate. On the other hand, there is the need of practitioners for reference values. As
such, data published without methods might be attempts to provide practitioners with
the best possible overall estimates as distilled by experts in the field to help them navigate
through the jungle of existing data. Listing methane values without indicating the method
used was more common some two decades ago, but this practice seems to be reducing
now, which is a positive change regarding the transparency of data reported.

4.4. Alternatives to Relying on Literature Data

Well-conducted experiments can clarify the properties that a specific substrate displays
during AD, but they are time-consuming and require a skilled work force and appropriate
equipment. A viable alternative to relying on published methane yields or to conducting
experimental AD testing is the estimation of the methane potential based on the chemical
composition of the biomass (see Section 3.6). This requires a detailed knowledge of the
biomass composition and thus involves some laboratory analyses. This method is also
applied to complement experimental AD testing and allow evaluation of the efficacity of
the AD process [140].

Experimental testing and theoretical calculations based on the chemical composition
of the material both require the practical availability of the specific biomass of interest,
and the results will apply to that specific substrate. However, in many cases, practitioners
and researchers interested in a specific crop material will not have a sample available; for
example, at the planning stage, a crop sample grown under relevant conditions might not be
within reach, or the interest in the methane yield has arisen in a situation after a particular
substrate has been consumed. The difficulty of obtaining representative homogeneous
samples of crop biomass at the scale required for analysis can also be relevant. Thus,
published literature remains an important source, and awareness about the limitations of
reported data is an essential element to support sound decision making.

4.5. Which Crop Material Has the Highest Methane Potential?

A question often asked is, which crop material has the highest methane potential
in anaerobic digestion? It can be seen from the above results that published data from
methane potential assays do not necessarily provide a simple answer. The differences in
reported values result both from the test protocols used and from the nature of the material
tested, which also depends on the growth stage at which it was harvested and the method
of storage, as discussed elsewhere [73,87].

It is important to know what the methane value is to be used for and to take the
method of deriving the value into consideration. For example, BMP test results for a
specific biomass may give the maximum methane potential, which is a value unlikely to be
achieved in continuous laboratory trials or full-scale operation.

In addition to the specific energetic content of the biomass harvested, the biomass
yield per hectare must be considered [62,74,141]. Thus, the actual methane yield in m3

CH4 ha−1 will be affected by climate, soil type, crop rotation regime [142,143], and many
other agronomic conditions, which also lead to changes in the biomass yield in tonnes VS
ha−1 [51,96,127]. Therefore, the ‘best’ crop to grow or crop residue to utilise for AD, in
terms of maximising methane production per hectare per year, is likely to be one with the
highest biomass yield under the particular geographic conditions rather than necessarily
having a high specific methane yield during digestion.
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5. Conclusions

Predicting specific methane yields for crop-based biomass is a difficult process. Select-
ing from published values can lead to considerable differences in the predicted outcome.
Therefore, great caution is due when relying on literature data for estimates of the potential
methane yield of a specific crop type in order to decide on its economic viability as an AD
feedstock. Results from the literature indicate that variation between different crops is less
than that within reported values for a single crop.

A wide range of techniques have been used to derive the reported values, and the
results may be highly dependent both on the nature of the test and on the quality of
its execution. Many publications display deficiencies in adequately documenting the
equipment and procedures used, and too often, it is not clear whether reported gas volumes
are expressed at STP. The casual reader looking for a methane value for a crop type might
not analyse the documentation of the method applied in detail, and thus, deficiencies or
low transparency might not trigger critical reflections on the usefulness of the published
value. The test methods have partially been standardised, and the German VDI and DIN
systems, along with the guidelines elaborated by the IWA ABAI Group, now offer a strong
basis for comparability of results. Nevertheless, this does not resolve the challenge of a high
variation among the published results, and therefore, this paper seeks to draw attention to
the importance of assessing these aspects in the peer review process.

Where the biomass is available for analyses, theoretical calculations based on bio-
chemical composition can provide quite accurate predictions of methane yields, and values
obtained in this way appear to be compatible with those derived from experimental anaer-
obic digestion assays. The biochemical approach requires less practical testing compared
to AD experiments; however, it still involves a substantial laboratory analytical procedure
and does not avoid the issue of spatial and temporal variations in biomass properties.

Where the AD of crop-based materials is being considered as part of an integrated
farming system, it may be better to consider the average biomass yield per hectare rather
than the methane potential per unit of biomass, especially as relatively robust data on the
former are often locally available. Whatever value is adopted for the potential methane
yield and whatever the method used to predict or determine it, it must also be remembered
that these are indicative values only and the methane yield actually generated in any
full-scale continuous or semi-continuous process will be subject to many other factors
including retention times, operating conditions, and co-digestion materials.
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Appendix A. Literature Data from Different Types of Assays

Table A1 lists the data discussed in Section 3.2 (BMP tests) and Table A2 lists those
examined in Section 3.3 (short-duration batch test). The data from semi-continuous and
continuous tests are reported in Table A3 (discussed in Section 3.4). In Table A3, note that
the data for Stewart et al. [110] are given in terms of TSadded, as there was not enough
information given to convert them to VSadded.

Table A1. Methane values derived from BMP and long retention batch tests.

Reference Crops Crop Parts Methane Yield
(m3 kg−1 VSadded) Comments

Amon et al. [51]

Maize Whole crop 0.359–0.422 Range of varieties
Maize Whole crop 0.343–0.407 Range of harvest times
Wheat Whole crop 0.228–0.343 Range of harvest times

Rye Whole crop 0.140–0.275 Range of harvest times
Sunflowers Whole crop 0.154–0.454 Range of harvest times

Triticale Whole crop 0.212–0.265 Range of harvest times

Bauer et al. [53]

Barley Whole crop 0.375 Silage
Lucerne Whole crop 0.357 Silage
Maize Whole crop 0.345 Silage

Sorghum Whole crop 0.362 Silage
Sunflower Whole crop 0.345 Silage

Wheat Straw 0.276

Chiumenti et al. [61] Grass Whole crop 0.308–0.340

Cornell et al. [72] Maize Whole crop 0.33 Ensiled

Feng et al. [41] Fescue Whole crop 0.294–0.310 Ensiled

Gallegos et al. [50] Wheat Straw 0.179–0.244 Ensiled and chopped

Garcia et al. [71]

Barley Whole crop 0.280
Maize Whole crop 0.289
Millet Whole crop 0.253

Sorghum Whole crop 0.313
Triticale Whole crop 0.351

Gunaseelan [32]

Cabbage Stems 0.309
Leaves 0.291

Carrot Leaves 0.241
Petiole 0.309

Elephant grass Lamina 0.372
Sheath 0.342

Garden beet Leaves 0.231

Pea Pods (seeds
removed) 0.390

Potato Peels 0.267
Sudangrass Whole crop 0.256

Turnip Leaves 0.314

Haag et al. [57] Cup plant Whole crop 0.228–0.261 Several varieties, dried and
ground

Heidarzadeh
Vazifehkhoran et al. [54]

Sugar beet Beet 0.337–0.420 Silage in open silos
Beet 0.411–0.451 Silage in closed silos

Jerger et al. [35] Sorghum Tops 0.28–0.40 Range of cultivars

Jurado et al. [44]
Miscanthus Whole crop 0.249 Milled

Wheat Straw 0.200 Milled

Willow Woody
component 0.082 Milled
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Table A1. Cont.

Reference Crops Crop Parts Methane Yield
(m3 kg−1 VSadded) Comments

Kakuk et al. [45]
Willow Leaves 0.187–0.339 Green (< 1 year), various harvest

dates and speciesStems 0.149–0.252
Stems 0.195–0.212 Woody (> year)

Kandel et al. [40] Fescue Whole crop 0.401–0.428 Various harvest dates

Kandel et al. [39]
Reed canary grass Leaf 0.315–0.384 Various harvest patterns
Reed canary grass Stem 0.283–0.412 Various harvest patterns

Kaparaju et al. [67]
Clover Whole crop 0.14–0.21

Grass hay Whole crop 0.27
Oats Whole crop 0.25

Lehtomäki and Björnsson
[64]

Grass/clover Whole crop 0.37 Silage
Sugar beet Leaves and beets 0.45

Willow Whole crop 0.29

Lehtomäki et al. [65]

Giant knotweed Tops 0.17–0.27 Range of harvest dates
Grass/clover mix Tops 0.37–0.38

Jerusalem artichoke Tops 0.36–0.37
Lupine Whole crop 0.3

Marrow kale Tops 0.31–0.36
Nettle Tops 0.31–0.32

Oat Tops 0.21–0.42
Oilseed rape Straw 0.32
Red clover Straw 0.24

Reed canary grass Whole crop 0.28–0.34
Sugar beet 0.34–0.43

Vetch–oat mixture Tops 0.32–0.49
Whole crop 0.4–0.41

Lehtomäki et al. [68]
Grass Whole crop 0.306
Oat Straw 0.203

Sugar beet Tops 0.353

Li et al. [79] Miscanthus Whole crop 0.182 Particle sizes 20 and 30 mm

Machmüller et al. [52]

Clover Whole crop 0.291 Silage
Maize Grain and cob 0.343

Whole crop 0.338 Silage
Rye Whole crop 0.324 Silage

Sugar beet Beet 0.261 Silage
Sunflower Whole crop 0.293 Silage

Mast et al. [58]

Cup plant Whole crop 0.232–0.275 Various dates, dried and milled
Giant knotweed Whole crop 0.146–0.158 Various dates, dried and milled

Energy dock Whole crop 0.187–0.297 Various dates, dried and milled
Tall wheatgrass Whole crop 0.311–0.376 Various dates, dried and milled

Mittweg et al. [27] Maize Whole crop 0.346–0.362
Cobs 0.389

Nges et al. [78] Miscanthus Whole crop 0.151–0.238 Particle sizes 0.5–20 mm

Parawira et al. [69]
Potato Tuber waste (0.42) Value for VS degraded

Sugar beet Leaves (0.52) Value for VS degraded

Peng et al. [76] Miscanthus Whole crop 0.172–0.267 Range of types and growth stages

Petersson et al. [37]
Faba bean Straw (0.28) calculated Reported: 18.9 g (100g DM)−1

Oilseed rape Straw (0.29) 18.8 g (100g DM)−1

Winter rye Straw (0.27) 18.2 g (100g DM)−1
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Table A1. Cont.

Reference Crops Crop Parts Methane Yield
(m3 kg−1 VSadded) Comments

Pouech et al. [63]

Barley Whole crop 0.356
Clover Whole crop 0.350–0.558 Range of harvest times

Forage sorghum Whole crop 0.295
Grain sorghum Whole crop 0.372

Lucerne Whole crop 0.340
Maize Whole crop 0.397

Oilseed rape Whole crop 0.336
Ryegrass Whole crop 0.390–0.409 Fresh and ensiled samples

Sweet sorghum Whole crop 0.352
Wheat Whole crop 0.384–0.418 Range of harvest times

Rincón et al. [73] Wheat Whole crop 0.311–0.360 Various harvest dates

Rincón et al. [74] Wheat Whole crop 0.346–0.361 Spring and winter planting

Ruf and Emmerling [59]

Cup plant Whole crop 0.236–0.282 2 years, poorly drained, dried
Giant knotweed Whole crop 0.189–0.222 2 years, poorly drained, dried

Jerusalem artichoke Whole crop 0.252–0.301 2 years, poorly drained, dried
Maize Whole crop 0.282–0.347 2 years, poorly drained, dried

Reed canary grass Whole crop 0.277–0.290 2 years, poorly drained, dried
Tall wheatgrass Whole crop 0.268–0.302 2 years, poorly drained, dried

Schmidt et al. [62]

Cup plant Whole crop 0.272–0.345 Three sites, range of harvest dates
Giant knotweed Whole crop 0.132–0.147 Three sites, range of harvest dates

Reed canary grass Whole crop 0.315–0.355 Two sites, range of harvest dates
Tall wheatgrass Whole crop 0.336–0.389 Two sites, range of harvest dates
Virginia mallow Whole crop 0.213–0.315 Three sites, range of harvest dates

Seppälä et al. [66]

Cocksfoot Whole crop 0.308–0.382 Range of sites and harvest dates
Fescue Whole crop 0.296–0.394 Range of sites and harvest dates

Timothy Whole crop 0.308–0.365 Range of sites and harvest dates
Reed Canary Grass Whole crop 0.253–0.351 Range of sites and harvest dates

Thomas et al. [80] Miscanthus Whole crop 0.166–0.202 Various species

Virkajärvi et al. [77] Grass Whole crop 0.302–0.307 Various fertiliser strategies
Grass/clover mix Whole crop 0.285–0.292 Various fertiliser strategies

Wahid et al. [42] Lucerne Whole crop 0.255

Wahid et al. [43] Miscanthus Whole crop 0.302–0.307 Various harvest times

Zauner and Küntzel [36]

Horse bean Tops 0.356
Lucerne Tops 0.240
Maize Whole crop 0.270–0.298 Various growth stages

Mixed grass Whole crop 0.298–0.315 Various fermentation periods
Sugar beet Tops 0.294

Vetch Tops 0.323
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Table A2. Methane values derived from short duration batch tests.

Reference Crops Crop Parts Methane Yield
(m3 kg−1 VSadded) Comments

Allen et al. [106]

Energy beet Whole crop 0.375
Fodder beet Whole crop 0.333

Grass Whole crop 0.368
Whole crop 0.374–0.399 Silage, various harvests
Whole crop 0.156 Hay

Maize Whole crop 0.354 Fresh
0.394 Ensiled

Oilseed rape Whole crop 0.319
Potatoes Whole crop 0.337–0.351 Various species

Spring barley Whole crop 0.361
Spring wheat Whole crop 0.340

Sugar beet Whole crop 0.344
Triticale Whole crop 0.314
Turnips Whole crop 0.399

Winter barley Whole crop 0.367
Winter oats Whole crop 0.281

Winter wheat Whole crop 0.354

Badger et al. [89]

Kale Tops 0.296
(Methane values calculated from

biogas and indicated percentage of
methane)

Maize Tops 0.342
Oats Whole crop 0.295

Sugar beet Tops 0.297
Wheat Straw 0.255

Bruni et al. [103] Maize Whole crop 0.313–0.401 Range of varieties and harvest dates

Gissen et al. [102]

Hemp Whole crop 0.260–0.292 Various fertiliser strategies
Maize Whole crop 0.327–0.382 Various fertiliser strategies

Sugar beet Root 0.416–0.420 Various fertiliser strategies
Tops 0.362–0.367 Various fertiliser strategies

Triticale Whole crop 0.397

Herrmann et al. [98]

Maize Whole crop 0.331–0.378
All crops as silage; range of silage

periods
Sorghum Whole crop 0.317–0.346

Forage rye Whole crop 0.293–0.346
Triticale Whole crop 0.340–0.365

Herrmann et al. [99]

Maize Whole crop 0.323–0.362

All crops as silage; range of chopping
length and silage periods

Sorghum Whole crop 0.298–0.336
Forage rye Whole crop 0.334–0.403

Triticale Whole crop 0.320–0.378
Winter rye Whole crop 0.321–0.336

Herrmann et al. [100]
Sugar beet Whole crop 0.350–0.399 Silage
Sunflowers Whole crop 0.210–0.286 Silage

Winter wheat Whole crop 0.269–0.328 Silage

Kaiser et al. [96]

Grass Whole crop 0.282–0.438 Fresh
Hemp Tops 0.250–0.360 Ensiled, various cuts

Lucerne Whole crop 0.260–0.330
Maize Whole crop 0.219–0.436 Silage

Miscanthus Tops 0.135–0.180 Ensiled
Red clover Whole crop 0.236–0.344 Fresh and ensiled

Ryegrass Whole crop 0.220–0.290
0.235–0.395 Fresh and ensiled

Sudangrass Tops 0.164–0.239 Fresh and ensiled
Sugar beet Beet 0.278–0.328 Silage

Tops 0.335–0.395

Kakuk et al. [114] Maize Stover 0.210–0.281 Various particles sizes and loadings
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Table A2. Cont.

Reference Crops Crop Parts Methane Yield
(m3 kg−1 VSadded) Comments

Kolbl et al. [108]
Forage turnip Whole crop 0.372 Milled

Maize Whole crop 0.236 Ensiled
Triticale Whole crop 0.287 Chopped

Kreuger et al. [104] Hemp Whole crop 0.199–0.270 Range of harvest dates

Kreuger et al. [101]

Hemp Whole crop 0.301 Fresh frozen
Whole crop 0.272 Ensiled

Maize Whole crop 0.363 Fresh frozen
Whole crop 0.367 Ensiled

Sugar beet Beet 0.447 Low-sugar variety, fresh frozen
Beet 0.405 Low-sugar variety, ensiled
Tops 0.437 Low-sugar variety, fresh frozen
Tops 0.367 Low-sugar variety, ensiled

Mähnert et al. [97]
Cocksfoot Whole crop 0.33 Fresh and ensiled

Meadow foxtail Whole crop 0.31 Fresh
Ryegrass Whole crop 0.36 Fresh and ensiled

Nges et al. [107] Wheat Straw 0.297 Dried and ground

Nizami and Murphy
[92] Ryegrass Whole crop 0.483–0.493 Fresh

Prade et al. [105]
Grass Whole crop 0.230–0.330 Ensiled, range of harvest dates
Rye Whole crop 0.280–0.350 Ensiled, range of harvest dates

Wheat Whole crop 0.290–0.340 Ensiled, range of harvest dates

Raposo et al. [93] Maize Whole crop 0.196–0.233 Range of inoculum–substrate ratios

Spence et al. [7]

Grass Whole crop 0.359
Ryegrass Whole crop 0.294
Triticale Whole crop 0.380
Wheat Whole crop 0.283

Svensson et al. [91]
Sugar beet Tops 0.33 Ensiled

Wheat Straw 0.19

Tilvikiene et al. [95]
Cocksfoot Whole crop 0.291–0.446 Various fertiliser and harvest times

Reed canary grass Whole crop 0.233–0.361 Various fertiliser and harvest times
Tall fescue Whole crop 0.259–0.446 Various fertiliser and harvest times

Yan et al. [94]

Broccoli Whole crop
Cabbage Whole crop 0.204 Ground

Cauliflower Whole crop 0.250 Ground
Leek Whole crop 0.183 Ground

Purple cabbage Whole crop 0.233 Ground

Zhao et al. [109] Maize Stover 0.250 Dried and ground

Zubr [90]

Cauliflower Leaves 0.341–0.352
Comfrey Tops 0.323–0.334

Jerusalem artichoke Tops 0.301–0.309
Oilseed rape Tops 0.300–0.326 Fresh and ensiled

Rhubarb Tops 0.330–0.334
Sugar beet Tops 0.316–0.345

White cabbage Tops 0.360–0.381
Leaves 0.343–0.382

63



Processes 2021, 9, 1565

Table A3. Methane values derived from continuous/semi-continuous experiments.

Reference Crops Crop Parts Methane Yield (m3 kg−1

VSadded)
Comments

Haag et al. [57] Cup plant Whole crop 0.220–0.244 Various varieties, ensiled

Heeg et al. [82] Wheat Straw 0.105–0.173 Two-phase, meso- and
thermophilic

Kakuk et al. [114] Maize Stover 0.105–0.177 Wet and dry digestion

Lehtomäki and
Björnsson [64]

Grass Whole crop 0.39 Silage
Sugar beet Beets and tops 0.38

Willow Shoots 0.16 Chopped

Nges and Björnsson
[112] Sugar beet Roots and tops 0.343–0.383 Various loading rates

Nges et al. [107] Wheat Straw 0.250-0.299 Dried and ground, different
loading

Nizami and Murphy
[92] Ryegrass Whole crop 0.363–0.451 Range of loading rates

Pohl et al. [81] Wheat Straw 0.127–0.180 Two-phase, meso- and
thermophilic

Pohl et al. [117] Wheat Straw 0.144–0.207 Two-phase, meso- and
thermophilic

Rincón et al. [116] Winter wheat Whole crop 0.334 Ensiled

Scherer et al. [111] Fodder beet Beet 0.401

Veluchamy et al. [115] Maize Whole crop 0.360–0.410 Ensiled

Zhu et al. [113] Potato Tubers 0.387

The following values are not included further because they are not available (cannot be derived) on a VS basis.

Methane yield (m3 kg−1

TSadded)

Stewart et al. [110]

Grass Whole crop 0.217–0.292
Grass/clover mix Whole crop 0.278

Kale Tops 0.179–0.304 Fresh and ensiled
Lucerne Whole crop 0.248–0.390
Maize Tops 0.231
Oats Whole crop 0.227–0.257

Wheat Straw 0.245
Barley Straw 0.128–0.162 Chopped and ground
Potato Tuber waste 0.350–0.410

Appendix B. Calculated Methane Yields

Table A4 shows the data discussed in Section 3.6 (calculated methane yields based on
the composition of the biomass).
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Table A4. Examples of calculated methane values.

Reference Crops Crop Parts Methane Yield (m3 kg−1 VSadded) Comments

Linke et al.
[121]

Barley Whole crop 0.420
Fodder beet Leaves 0.430

Beet 0.411
Forage rye Whole crop 0.431

Grass Whole crop 0.433
Hemp Whole crop 0.409

Lucerne Whole crop 0.432
Maize Whole crop 0.422

Rye Grain 0.419
Straw 0.409

LfL [123]

Barley Straw 0.196
Beans Whole crop 0.277 Green

Whole crop 0.286 Silage
Clover grass Whole crop 0.284–0.325 Various harvest dates

Grass Whole crop 0.296–0.333 Various harvest dates; Wet silage
Whole crop 0.296–0.340 Various harvest dates; Wilted silage

Grass hay Whole crop 0.250–0.307 Various harvest dates
Lucerne Whole crop 0.265–0.308 Various harvest dates
Maize Whole crop 0.287–0.328 Various harvest dates

Meadow grass Whole crop 0.290–0.322 Various harvest dates
Mustard Whole crop 0.358–0.368 Various harvest dates

Oat Straw 0.197
Grain 0.322

Oilseed rape Whole crop 0.341–0.356 Various harvest dates; Green
Whole crop 0.361–0.376 Various harvest dates; Silage

Oilseed rape Straw 0.129
Seed 0.504

Pasture grass Whole crop 0.307–0.322 Various harvest dates
Red clover Whole crop 0.278–0.316 Various harvest dates

Rye Straw 0.179
Grain 0.365

Whole crop 0.261 Silage
Ryegrass Whole crop 0.287–0.320 Various harvest dates
Sainfoin Whole crop 0.267–0.292 Various harvest dates

Sugar beet Tops 0.321–0.331 Various harvest dates
Wheat Straw 0.187

Grain 0.370
Whole crop 0.262 Silage

Appendix C. Methane Values Reported without Methods

Table A5 lists examples of values published without providing information about
the method how these were derived. Note that the methane yields for Koettner [125]
were given per fresh material in the publication; using the indicated VS contents of the
substrates, the methane yields per VS were calculated for inclusion in Table A5.
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Table A5. Examples of methane values reported without methods.

Reference Crops Crop Parts Methane Yield (m3 kg−1 VSadded) Comments

Koettner [125]

Milled grain 0.37
Grass 0.32 Silage
Maize 0.32 Silage

Meadow grass 0.32
Rape seed cake 0.46

Vegetable residues 0.38

KTBL [126,128]

Fodder beet Beet 0.364–0.496
Tops 0.312 Silage

Hemp Whole crop 0.143
Maize Whole crop 0.304

Rape seed cake 0.439
Rye Whole crop 0.313–0.319 Fresh and ensiled

Sugar beet Beet 0.357
Tops 0.312 Silage

Wheat Grain 0.33
Straw 0.138

Weiland [129]

Barley Whole crop 0.36 Silage
Clover Whole crop 0.35 Silage

Fodder beet Beet and leaf 0.456 Silage
Kale Whole crop 0.255 Silage

Lucerne Whole crop 0.41 Silage
Maize Whole crop 0.41 Silage

Oilseed rape Whole crop 0.34 Silage
Potato Tubers 0.276 Silage

Ryegrass Whole crop 0.41 Silage
Wheat Whole crop 0.39 Silage
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Abstract: Insect biomass shows promise as an alternative animal feedstuff with a low climate effect.
Industrial insect rearing generates residual materials, such as feed remains and insect excrements,
so-called insect frass, which exhibits a high organic content. Commonly, these residues are utilized
as soil amendment. Information on the suitability of these residues for biogas production is rather
scarce. The energetic utilization of insect frass as feedstock for anaerobic digestion (AD) would
allow for the simultaneous residue material reduction and bioenergy production. Additionally,
synergies in heat management could arise using the exhaust heat of the biogas plant in the insect
farming process. In laboratory-scale anaerobic digestion trials, the specific methane yield (SMY)
of six different insect frass samples from black soldier fly (Hermetia) rearing were tested in batch
biochemical methane potential (BMP) tests. Further, semi continuous anaerobic digestion trials on
a lab scale using continuously stirred tank reactors (CSTRs) were carried out with Hermetia insect
frass from a pilot plant operation in order to determine the digestibility and process stability of the
AD process. The BMP results showed SMY values of the different insect frass samples ranging from
201 ± 9 to 287 ± 37 mL/gVS that are similar to those of other animal excrements, such as cow or pig
manure already been used as feedstock in agricultural biogas plants. Results of the semi-continuous
digestion of insect frass from the pilot plant operation showed a SMY value of 167 ± 15 mL/gVS,
suggesting no process-inhibiting effect caused by the feed material. Although, the high nitrogen
content must be taken into account for stable AD performance.

Keywords: insect frass; black soldier fly; Hermetia illucens; anaerobic digestion; BMP tests; CSTR digestion

1. Introduction

The continued growth in global meat production is leading to an increasing demand
for high-quality protein feed. Due to the limited availability of natural resources, increas-
ing climate change, and land-use competition between food-feed-fuel production, the
importance of cost-effective and sustainably produced protein sources is growing [1].

The utilization of insects as feed animals, as food sources for human nutrition and for
the production of technical products, such as silk, shellac, or bee wax, has a long tradition.
Insects are the most diverse class of animals, with approximately one million described
species. Due to their evolutionary development history, they are optimally adapted to a
variety of habitats, environmental conditions, and feed materials. They are able to convert
a wide spectrum of organic substrates and residues into high-quality raw materials.

Industrially produced insect meal represents an alternative feed protein source [2] and
has been successfully tested as livestock, pet, and aquaculture feed [3–8]. Insect biomass
shows a high protein content and a high-quality amino acid spectrum.
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Nutritionally, insect protein is also suitable for human consumption and the climate
impact of insect protein production turns out to be better compared to conventional animal
protein production. Water consumption, land requirements, and required feed quantities
and slaughter losses are generally lower in insect farming than in cattle and pig fattening
and fish production. In Europe, however, the consumption of insects is hardly culturally
anchored and consumer acceptance of insects as food is comparatively low. In contrast,
there are hardly any reservations about the use of insects as animal feed [9]. Forecasts see
the largest market potential for insects as feed in the aquaculture and pet food sectors,
followed by livestock feed for poultry and swine [10].

In addition, insect products can be used as a bio-based alternative to conventional
fossil raw materials in the production of a wide range of technical products, such as
cosmetics, pharmaceuticals, surfactants, surface coatings, lubricants, and fuels. Insect
farming represents a promising building block of a future bioeconomy, because against the
background of limited resources, the multiple use and recycling of biomass in utilization
cascades is increasingly gaining in importance. The carbon footprint of insect products
is particularly advantageous when residual materials are used as insect feed and the
process heat requirement is covered by exhaust heat or with the aid of renewable energies.
Another advantage of insect protein production is that the water and land requirements
and the amount of feed used for insect farming are relatively low, and residual materials
can be returned to the nutrient cycle, for example, as biogas substrate or as agricultural
fertilizer [11,12].

Insect framing of black soldier fly, respectively Hermetia in industrial scale comprises
of the process steps fly rearing, larva fattening, and product processing [13]. The insect
Hermatia illucens goes through the following development stages: egg, larvae, pupae, and
fly, whereby insect protein is usually derived from the adult larvae. Fly breeding requires
light and warmth and is necessary in order to provide sufficient young larvae for the
fattening process. The fattening of Hermetia larvae is carried out without light, commonly
in boxes and tubs of different sizes in a climate-controlled environment. In this production
step, young larvae are added to a feed medium. Hermetia larvae consume organic matter,
such as carbohydrates, proteins, and lipids, and increase in weight. Before entering the
pupae state, larvae are separated mechanically from feed residues and insect excrement.
The majority of the larvae are further processed into animal feed, while a smaller proportion
is used for further fly rearing. Normally, all production steps take place in centralized farm
concepts which ideally contribute from favorable heat energy and feed material supply.
Decentralized concepts with outsourced larval fattening and centralized larva processing
and product recovery represent an alternative approach.

The feed remains and insect excrements are residue materials of the Hermetia farming
process and are usually utilized as organic fertilizers and soil additives [14]. According
to European law, insect frass may only be used as agricultural fertilizer after sufficient
sanitization. This requires heating to at least 70 ◦C for at least one hour. Possible hygien-
ization measures that can meet the temperature requirements would be, for example, the
heating, pelleting, or extrusion of the insect frass. All of these processes require a relatively
high energy input but ensure that neither pathogens nor live larvae are released into the
environment. Another technology that is used for waste biomass treatment and has a
proven sanitization effect is the biogas process [15–18].

With regards to insect frass, anaerobic digestion is an interesting waste treatment
option providing bio-methane as biofuel or an energy source for the production electricity
and heat which could be reused in the insect rearing process and product processing.
Additionally, residues of the digestion process still hold plant nutrients contained in the
substrate material and can be utilized as organic fertilizer and soil amendment. The process
combination of the biogas plant and insect farm enables various synergies. By integrating
the insect farm into existing biogas plants, the exhaust heat utilization of the biogas plant
could be optimized and digested residues from the biogas plant could also serve as an
insects feed source [19].
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Insect farming as the first stage of corresponding value chains and the utilization
of residues from insect production in the biogas process could increase the efficiency of
resource utilization. The large-scale production of Hermetia is a new technology. There are
so far only a few companies worldwide with an insect production capacity on an industrial
scale. Data on the methane potential of the residue materials are scarce and there are
no data available on the long-term digestibility when this manuscript was written. One
research aim of the study was the assessment of the biomethane potential of insect frass
from Hermetia rearing on different feed sources. Insect frass samples were subjected to
biochemical methane potential (BMP) tests in triplicate in laboratory batch scale in order
to determine the specific methane yields and methane production kinetics of the sample
materials. A further aim of the study was to evaluate the feedstock suitability of insect
frass for AD processes in long term semi-continuous anaerobic digestion trials. Therefore,
digestion experiments on a lab scale were carried out with actual insect frass from a large-
scale pilot production of Hermetia in order to determine the feedstock digestibility and
AD process stability. The AD characteristics presented in this study extend the data basis
required for the suitability assessment of Hermetia insect frass as a raw material for biogas
production. The BMP results determined can be used for an economic feasibility evaluation
of the energetic utilization of insect frass in the AD process.

2. Materials and Methods
2.1. Acquisition and Characterization of the Insect Frass Samples

Five insect frass samples were obtained from previous Hermetia rearing trials in
laboratory scale run between 2020 and 2021, where Hermetia larva were fed on five
different substrates: corn silage (CS), brewers spend grain (BS), thin stillage from bioethanol
production (ST), aquatic plants from Elodea genus (EL), and bran (BR). Larvae feeding
trials were carried out in triplicate batch attempts in 550 mL plastic containers (CLIP &
CLOSE Food storage container, EMSA, Germany) with a size of 16.3 × 11.3 × 5.8 cm and a
working volume of approximately 250 mL. The container caps were perforated to allow
gas exchange. The substrate feed load was 240 mg VS/Larvae. Containers were stored at
30.0 ± 0.25 ◦C in temperature chambers (New Brunswick Innova 44). After 12 days, the
feed remains and excrements (insect frass) were separated from the larvae and used in
the present study without prior drying. In addition, another sample of insect frass was
obtained from Hermetia rearing in pilot plant operation (IF_PP) (Hermetia Baruth GmbH,
Baruth Mark, Germany). In 2020 and 2021, the annual production capacity of the pilot
plant was approximately 300 t Hermetia larvae which were fed on a feed mixture mainly
composed of cereal grain.

Insect frass samples were tested for their material properties regarding total solids
(TS) and volatile solids (VS), nitrogen, protein, fat, and fibre composition and subjected
to biochemical methane potential (BMP) tests. Additionally, long term semi-continuous
digestion experiments were performed with the insect frass sample from a pilot plant
operation (IF_PP). Wet samples were stored at 5 ◦C after sampling. Dry samples were
stored in air tight plastic barrels at room temperature. Sample characteristics are depicted
in Table 1.

Table 1. Insect frass sample material characteristics.

Insect Frass TS * VS * Ash * Crude Protein Raw Fat Crude Fibre Other Carbohydrates

(Feedstock) [%FM] [%TS] [g/kgTS] [g/kgTS] [g/kgTS] [g/kgTS] [g/kgTS]

Stillage (ST) 9.6 94.1 58.5 240.5 ± 1.17 63.1 ± 3.0 315.2 ± 2.7 322.8 ± 3.4
Brewers spent grain (BS) 2.6 51.2 487.7 215.2 ± 4.27 37.9 ± 5.0 47.1 ± 2.3 307.7 ± 2.3

Corn silage (CS) 7.3 81.1 189.0 230.0 ± 7.09 30.5 ± 4.5 101.7 ± 1.0 347.9 ± 1.4
Elodea nutallii (EL) 12.9 94.5 54.8 46.4 ± 3.2 21.2 ± 6.7 533.0 ± 1.8 344.7 ± 2.5

Bran (BR) 12.4 85.7 143.1 288.8 ± 2.4 23.3 ± 3.9 338.6 ± 7.8 206.2 ± 4.3
Insect frass pilot plant

(IF_PP) 84.2 91.0 89.7 228.8 ± 5.1 33.9 ± 5.2 226.5 ± 0.8 421.1 ± 5.2

TS total solids; vs. volatile solids; FM fresh matter; * single sample.
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2.2. Analytical Methods

Total solids (TS) and volatile solids (VS) were measured in accordance with DIN EN
12,880 (2001) [20] and DIN EN 12,879 [21]. The pH-value of digestate samples was measured
with a pH device 3310 (WTW Wissenschaftlich-Technische Werkstätten GmbH, Weilheim,
Germany). The Weender feed analysis of insect frass and ammonia nitrogen (NH4-N) and
the total ammonia nitrogen (TAN) of the digestate were determined, as described in [22].
Once a week, fresh digestate samples were taken from CSTR digestion and centrifuged
with 10,000 rpm for 10 min at 10 ◦C. Filtered samples (10 mL) of the supernatant liquid
were used for the quantification of all volatile organic acids (VOA) and the ratio of VOA to
total inorganic carbonate to calcium carbonate (VOA/TIC, gVOA/gCACO3) measurement
in a Titration Excellence T90 titrator (Mettler-Toledo GmbH, Zurich, Switzerland).

2.3. Anaerobic Digestion Trials
2.3.1. Biochemical Methane Potential (BMP) Test

The six different insect frass samples were analyzed for specific methane yields
(SMY) at lab-scale using the AMPTS2 BMP test system (Bioprocesscontrol, Lund, Sweden).
BMP tests were carried out in accordance with the VDI guideline 4630 (2016) [23] under
mesophilic conditions (39 ± 1 ◦C). The inoculum to substrate (ISR) ratio was approximately
3:1 (based on mass VS). Before the batch experiments, the AD reactors’ headspace was
flushed with nitrogen gas for about 2 min to assure anaerobic conditions. Each reactor
contained approximately 2.5 gVS of insect frass and 400 g inoculum and was analyzed
in triplicate. The SMY was standardized according to DIN 1343 [24] (dry gas, 273.15 K,
101.325 kPa). The BMP test ended after 38 days; the daily methane production had reduced
to just 0.5% of the total biogas production for a minimum of 5 days. The pure inoculum was
measured as a blank sample to determine the specific methane yield and to subtract this
from the other samples. To monitor the inoculum performance, microcrystalline cellulose
(MCC) was used as a reference substrate and the reference BMP confirmed a sufficient
inoculum quality with 351 ± 11 mL/gVS. As inoculum served digestate (pH 7.8, VOA/TIC,
Ammonia NH4-N 1.49 g/L) which was adapted to a wide range of substrate components,
such as protein, fat, fiber, and carbohydrates, at a low OLR of 0.5 gVS/(L*d) over the
duration of one year.

2.3.2. Semi-Continuous Anaerobic Digestion Tests

Two continuously stirred tank reactors (CSTRs; R1 and R2) in duplicate, each with a
net volume of 15 L (10 L working volume) (Bräutigam Kunststofftechnik GmbH, Mohlsdorf-
Teichwolframsdorf, Germany), were used for semi-continuous AD of insect frass derived
from pilot plant operation (IF_PP). The main objective was assessing the AD process
performance, stability, and methane production from IF_PP. The temperature was set at
39 ◦C using a thermostat (JULABO GmbH, Seelbach, Germany) and kept under mesophilic
conditions (38 ± 1 ◦C) by recirculating hot water through the double-walled reactors. The
reactors were continuously stirred (100 rpm) using a Stirrer ‘RZR 2102 control’ (Heidolph
Instruments GmbH & Co.KG, Schwabach, Germany) located in the upper part of the
reactors. The biogas volume was measured with a drum-type gas meter TG05/5 (Dr.-
Ing. RITTER Apparatebau GmbH & Co. KG, Bochum, Germany), and the biogas quality
was determined using a AwiFLEX (Awite Bioenergie GmbH, Langenbach, Germany).
CSTR tests were conducted in accordance with the VDI guideline 4630 (2016) [23] as well.
Methane and biogas yields were standardized, respectively (dry gas, 273.15 K, 1013.25 kPa).
The fermentation experiments were accompanied by numerous analyses that were used
for process characterization and monitoring, such as the dry matter organic dry matter
analysis of the substrate and digestate samples, pH, ammonium, and volatile fatty acid
concentration.

The general procedure for reactor operation at the DBFZ and detailed information
on the accompanying analytics can be found in the literature reference [22]. For the CSTR
experiment, the same inoculum was used as for the BMP tests (see Section 3.2). The
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experiment was carried-out over 314 consecutive days with the same feeding frequency
(once per day). After 5 days without feeding, reactors R1 and R2 were fed with DDGS
(distillers’ dried grains with solubles) pellets due to a delay in the supply with insect
frass. On day 25, feeding of both reactors with IF_PP started. During start-up (Phase 1)
the organic loading rate (OLR) was set to 1.0 g VS/L·d. Between days 52–140 (Phase 2),
the OLR was increased to approximately 1.5 g VS/L·d and between day 141–173 (Phase
3) reduced to 0.7 g VS/L·d for 32 days due to process instability. Thereafter, the OLR
was gradually increased from 0.7 to 1.5 and finally to 2.2 g VS/L·d until the end of the
experiment between day 174–314 (Phase 4). When the final OLR of 2.2 g VS/L·d was
reached, 30 g FM insect frass and 150 mL tap water were added daily to each digester. The
hydraulic retention time (HRT) of ~80 days was kept constant over the first half of the
experiment until day 130. Thereafter, the HRT was reduced to about 60 days until the end
of the experiment. No additives, such as trace elements, were used. Detailed information
about different feeding rates, OLR, and HRT are listed in Table 2.

Table 2. Overview of the reactor’s setup during the AD experiment with IF_PP.

Phase Period (Day) HRT (Days) OLR (g VS/L·d)

Phase I 0–52 80 1.0
Phase II 53–140 80 1.5
Phase III 141–173 60 0.7
Phase IV 174–314 60 1.5–2.2

Insect frass from pilot plant operation (IF_PP), hydraulic retention time (HRT), and organic loading rate (OLR).

2.4. Kinetic Evaluation

Two kinetic models were used to fit the experimental data of the BMP of the six
different insect frass (i.e., EL, CS, BS, BR, ST, and IF_PP). These models were the first-order
models and the modified Gompertz model, as given in Equations (1) and (2),

β(t) = β0·
[
1 − e−kt

]
(1)

β(t) = β0·e[−e
(

βm ·e
β0

·(λ – t)+1)
] (2)

where β(t) is the cumulative methane yield at time t (mLCH4/gVS), β0 is the maxi-
mum cumulative methane production predicted at a theoretically infinite digestion time
(mLCH4/gVS), k is the first order hydrolysis constant (1/days), t is the time (days), βm is
the maximum methane production rate (mLCH4/gVS·d), and λ is the lag phase (days).
In addition, model parameters and their uncertainties were estimated using the negative
logarithm of the likelihood LL (Equation (3)) as the objective function with constant error
variance [25],

LL =
nln
(
2πσ2)

2
+

∑n
i=1

(
βobs

i − βest
i

)

2σ2 (3)

where n is the total number of experimental data, i is an index, βobs
i represents the observed

cumulative specific methane yield at time t, βest
i represents the estimated cumulative

methane yield calculated with Equations (1) and (2), and σ is the standard error. The model
selection for the best fit to observed data was conducted using the Akaike information
criterion (AIC) (Equation (4)).

AIC = −2ln(Lmax) + 2P (4)

where Lmax is the maximum likelihood and P is the number of parameters included in the
model. All parameters and their uncertainties were estimated using the subroutine “optim”
from the statistical package R [26] using the L-BFGS-B algorithm.
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2.5. Statistical Analysis

The data recorded after 32 days of AD obtained from the BMP test was analyzed using
one-way analysis of variance (ANOVA) for comparing the specific methane yield (SMY)
means among the six different insect frass samples (i.e., EL, CS, BS, BR, ST, and IF_PP).
After one-way ANOVA, a post-hoc analysis with a Sidak post test for multiple comparison
was performed. In addition, we used the Mann–Whitney rank sum test (Normality test,
p = 0.000) for the data obtained from the semi-continuous experiment to compare the SMY
values between reactors (R1 and R2). Descriptive statistics (mean and standard deviation)
were computed for all the insect frass samples. All analysis was performed with Minitab
V16.0 (Minitab Inc., State College, PA, USA). The statistical significance was set at p ≤ 0.05.

3. Results and Discussion
3.1. Insect Frass Characteristics

As shown in Table 1, the total solid (TS) content of insect frass samples from lab scale
rearing experiments was in a range between 2.6 and 12.9% FM while the TS of residue
material obtained from the pilot plant operation was comparably dry with a TS of 84.2%
FM. During lab scale rearing experiments, the humidity of the feed medium was controlled
while in the pilot plant scale a certain drying of the feed medium is wanted. The lab scale
separation of larvae and insect frass by wet sieving is easily possible while large-scale dry
sieving is favored, as less handling effort is required, and a more transport-worthy insect
frass is produced.

3.2. Effect of the Six Different Insect Frass Samples on Specific Methane Yield (SMY) from the
BMP Test

The specific methane yield (SMY) of the tested insect frass samples ranged from 201
to 287 mL/g VS (Figure 1A) and is comparable to other residues from livestock farming,
such as cattle manure (110–275 mL/g VS), pig manure (180–360 mL/g VS), and chicken
manure (200–360 mL/g VS) [27]. A slightly lower SMY of approximately 177 mL/g VS was
reported by Bulak et al. [28], measured in BMP tests with insect frass from Hermetia reared
on residues from the fruit and vegetable industry in the form of carrot-beetroot marc.
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Figure 1. Specific methane yield (SMY) of the different insect frass samples. (A): Elodea nutallii (EL),
corn silage (CS), brewers spent grain (BS), bran (BR), stillage (ST), and insect frass (IF_PP). Effect
of different substrates on SMY (B). Data are mean ± standard deviation (n = 3) for each insect frass
sample. * p < 0.05, ** p < 0.01. *** p < 0.001 (one-way ANOVA with Sidak post-test).

Our test results show the highest SMY for EL, followed by IF_PP, CS, BS, and BR, while
the lowest SMY was shown by the insect frass sample ST with a value of 201 ± 8.6 mL/g
VS. Results of the one-way ANOVA analysis indicated that at least one insect frass sample
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was significantly different in the SMY mean values among the six different frass samples
(F = 5.833, p = 0.006; Figure 1B). A post-hoc analysis for multiple comparison (Holm-Sidak
method) showed that samples EL, CS, BS, BR, and IF_PP had significantly higher SMY
versus the ST sample (p < 0.05; Figure 1B), with increases of up to 30.07, 23.41, 22.53,
19.76, and 27.55%, respectively. These increases were probably due to differences in the
characteristics of the insect frass samples used in the present study. For example, the IF_PP
sample showed a lower fiber content than that of the ST (Table 1). Indeed, a negative effect
on the SMY values would be expected from the increase in fiber fractions, in particular the
ADF and ADL-like fraction [29].

The data also showed that only the EL sample had a significantly higher SMY com-
pared to the BR sample, increasing SMY by about 12.85% (p = 0.059, considered significant
due to borderline significance). We also found that statistically similar SMY was observed
among the EL, CS, BS, BR, and IF_PP insect frass samples (287 ± 36.8, 262 ± 16.9, 259 ± 26.9,
250 ± 19.1 and 277 ± 0.8, respectively; p > 0.05) and were not significantly different from
each other, except for the EL and BR samples (Figure 1B). This suggests that any change in
SMY values may be attributed to differences in chemical composition among the six insect
frass samples, likely due to the composition of the substrates used to previously feed the
larvae. Overall, the SMY obtained from the BMP trials indicate, in the first instance, a good
degradability of all insect frass samples used in the present study. After only about 30 days
of the BMP test, gas formation was largely completed.

SMY from batch tests were similar for all insect frass samples and showed the potential
suitability as AD feedstock. However, an economic evaluation would be necessary to assess
the economic feasibility. There is, however, still very limited knowledge about methane
production (i.e., SMY) from insect frass available that can support the findings of this study.
Further research is required in order to validate the presented results and to extend the
database of different insect frass materials.

3.3. Effects of the Different Insect Frass Samples on Estimated Model Parameters

Parameter estimates of the applied model structures (Equations (1) and (2)) are pre-
sented in Table 3. All models fit the observed data well with correlation coefficients (R2)
varying from 0.998–0.999; however, the first order model had the overall lowest AIC values
in all the insect frass samples. Furthermore, parameter estimates of the lag phase dura-
tion (λ) in the modified Gompertz model were most often negative. Since the modified
Gompertz model is only defined for positive parameter values (λ ≥ 0), negative parameter
estimates indicate that the model is not suitable for the description of measured methane
production. Therefore, we selected the first order model as the best fit for the observed
methane production of the insect frass samples: EL, CS, BS, ST, and IF_PP. The hydrolysis
constant (k) obtained from the first-order kinetic model is mainly used to evaluate the
substrate suitability and estimate the process rate-limiting stage. In this way, k describes the
velocities of degradation and methane production; therefore, a high k represents high rates
of degradation and methane production. In this study, our results provided evidence that
high substrate biodegradation improved k, and thus improved the methane production rate
and methane yield. The overall highest k corresponded to the ST, IF_PP, and CS samples,
while the lowest k values were obtained for EL, BS, and BR. One possible explanation
for the highest k values of the samples is that there is a greater proportion of more easily
degradable substances in these insect frass samples.
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Table 3. Estimated parameters for the insect frass samples: Elodea nutallii (EL), corn silage (CS),
brewers spent grain (BS), bran (BR), stillage (ST), and insect frass (IF_PP) for the first-order model
and modified Gompertz model.

Parameters
Insect Frass Samples

EL CS BS BR ST IF_PP

Observed SMY 287 ± 36.8 262 ± 16.9 259 ± 26.9 250 ± 19.1 201 ± 8.6 277 ± 0.8

First order model
β0 (mL/gVS) 280 ± 4.5 261 ± 1.0 257 ± 3.8 259 ± 2.1 190 ± 2.2 262 ± 3.7

k (1/day) 0.13 ± 0.01 0.22 ± 0.00 0.13 ± 0.01 0.13 ± 0.00 0.38 ± 0.03 0.25 ± 0.02
Correlation coefficient (R2) 0.9915 0.9985 0.9932 0.9983 0.9725 0.9761

Akaike information
criterion (AIC) 247.10 183.49 236.95 191.03 243.25 266.63

Modified Gompertz model
β0 (mL/gVS) 269 ± 3.7 256 ± 1.2 248 ± 3.7 248 ± 1.3 190 ± 2.4 259 ± 2.7

λ (days) −1.00 ± 0.39 −0.33 ± 0.21 −1.00 ± 0.45 −0.29 ± 0.14 −1.00 ± 0.37 −1.00 ± 0.30
βm (mL/gVS·day) 20.35 ± 1.25 34.13 ± 1.93 18.64 ± 1.26 21.65 ± 0.52 32.75 ± 4.51 33.25 ± 2.73

Correlation coefficient (R2) 0.9787 0.9929 0.9825 0.9972 0.9563 0.9583
Akaike information

criterion (AIC) 287.40 232.97 265.93 205.35 258.46 309.52

Specific methane yield (SMY), maximum cumulative methane production predicted (β0), first order hydrolysis
constant (k), maximum methane production rate (βm), and lag phase (λ).

3.4. Results of the Semi-Continuous Anaerobic Digestion Experiment

The purpose of the fermentation test was to determine the maximum biogas potential
and the process stability when using insect frass from a pilot plant operation (IF_PP) as a
sole substrate. Figure 2 illustrates the AD performance of the two reactors R1 and R2, where
the whole digestion period was divided into four phases: phase I (start-up, 0–52 day), II
(53–140 day), III (141–173 day), and IV (174–314 day). It can be observed that R1 and R2
produced statistically similar SMY during phase I, II, and IV. Only during phase III did the
digester show statistically significant differences according to the Mann–Whitney rank sum
test (p = 0.000). During the course of the experiment, it was observed that the ammonium
nitrogen (NH4-N) concentration in both reactors increased continuously, which was likely
due to the degradation of the protein-containing components of the insect frass (Figure 1A).
According to Yenigün et al. (2013) [30], at a NH4-N concentration of ~3 g/L, depending on
the test temperature and pH value, an inhibition of the biogas process can already occur,
which leads to an increase in fermentation acids, a decrease in pH, and thus a reduction in
methane formation in the long-term test. This effect is very likely to be seen in Figure 1B
at the end of phase II and during phase III. Only after a short-term reduction of the daily
feeding amount (day 145 to 173) and an increase in the amount of water added to the
substrate material (day 140), could the process be stabilized again.

In the second half of the experiment (phase IV), the organic loading rate (OLR) was
increased in two steps from 0.7 to 1.4 and thereafter to 2.2 g VS/L·d, which led again to
an increase in NH4-N concentration. However, the biogas process seemed to be already
adapted to the substrate and higher NH4-N concentrations, as no further process instability
was observed until the end of the experiment (phase IV).

According to Lalander et al. (2019) [31] and Abduh et al. (2022) [32], insect feeds with
high protein content result in a higher insect biomass and protein yield. Therefore, common
insect feed materials can contain comparatively high protein concentrations and, as a result,
higher nitrogen levels may also be found in insect frass. Ammonium nitrogen (NH4-N) is a
degradation product of organic nitrogen, such as proteins or urea during the AD process.
In the digester liquid, NH4-N is present as ammonium ions (NH4+) and as free ammonia
(NH3). Increasing the pH or temperature results in a higher percentage of NH4-N present
as NH3. It has been demonstrated that NH3 is more toxic, as it can pass through the cell
membrane, causing a proton imbalance and potassium deficiency [30]. According to Jiang
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et al. [33], several research groups reported that the inhibitory NH4-N concentration may
range between 1.5 to 5.0 g/L. However, concentrations of up to 14 g/L are possible by the
microbial adaptation of the digestion process. In the case of our study, an inhibition of
the process biology can be expected during the end of phase II and beginning of phase
III, which negatively affected the production of methane. Thus, the mixing of ammonia
rich insect frass with other biogas substrates with a lower nitrogen concentration, such as
whole plant silage could be an approach in order to stabilize the AD process in a practical
application.
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Figure 2. Anaerobic digestion (AD) process performance of the insect frass pilot plant (IF_PP) sample.
Specific methane yield (SMY), organic loading rate (ORL), and hydraulic retention time (HRT) (A).
Ammonium nitrogen (NH4-N) concentration, ratio of volatile organic acids to total inorganic carbon
(VOA/TIC) and pH (B).

The mean SMY measured in the semi continuous tests was in the range of 167 ± 15 mL/g
VS and the mean methane content of the biogas was approximately 54%. Thus, the anaerobic
digestion of insect frass in the CSTR trials also resulted in specific methane yields comparable
to other agricultural residues from livestock farming (see Section 3.1). However, in com-
parison to the BMP tests the long-term digestion of insect frass from pilot plant operation
(IF_PP) resulted in an approximately 38% lower SMY.
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Weinrich et al. [34] pointed out that most studies comparing batch and continuous
AD have reported lower SMY from continuous AD. A study from Ruffino et al., 2015 [35],
determined a 24% lower SMY from the continuous AD of vegetable waste compared
to the BMP results. Similarly, Zhang et al., 2013 [36], recorded 30% lower SMY from
continuous AD of food waste compared to those of results from the BMP test. Holliger
et al., 2017 [37], proposed that an extrapolation coefficient of 0.8 to 0.9 should be used to
estimate the methane production of full-scale AD plants from BMP results of the substrates
to be digested. According to [34] the continuous test systems will have a lower yield than
the biogas potential and, in theory, also a lower yield than the BMP result at the same
retention time. The causes stated are differences in the substrate degradation kinetics due
to distinctions of the test systems and substrate material characteristics and potentially
additional limitations. As an example, a sufficient supply of macro- and micronutrients
can be assumed in the BMP test, while nutrient deficiencies or increasing concentrations of
inhibiting substances in the digester medium can occur in long-term continuous digestion
experiments.

Based on fresh matter, insect frass from pilot plant operations (IF_PP) achieved specific
SMY of about 140 m3/tFM (data not shown), which exceeds SMY of the common biogas
substrate corn silage (CS) with 110 m3/tFM [27]. Accordingly, one ton of the energy crop
could be replaced by using one ton of insect frass from Hermetia rearing. Corn silage is
the most frequently used biogas substrate of agricultural biogas plants in Germany, next to
cattle slurry. Energy crop silage is mostly produced by agricultural biogas plant operators
for the biogas plant demand, or bought in. In the last two drought years, 2021 and 2020,
there was a shortage of corn silage supply in individual regions of Germany. The available
reserves were mainly used for dairy farming and individual biogas plants and could not be
fully utilized due to substrate shortages, resulting in a lower annual energy production and
reduced profitability of the plants concerned. In the future, alternative agricultural residues,
such as insect frass, could help to replace feedstock quantities of corn silage in existing
biogas plants and reduce the demand for corn silage in years with a low feedstock supply.

The integrating of the insect farming process into the operation of existing biogas
plants could lead to several synergetic effects. A process combination of insect farming and
biogas production would enable comprehensive material and energetic biomass utilization.
Further energetic synergy effects arise from the process combination through the use of
waste heat from the biogas plant for heating the insect farm and for product drying. In
Germany, more than 9000 biogas plants are in operation. These plants have an established
raw material supply, the corresponding material handling, and provide large amounts of
thermal energy on site. Insect production and the associated processing can be based on
or aligned with this infrastructure. This could result in new value chains and business
models for biogas plant operators which could help to increase insect protein production
capacities.

As described in the introduction, sufficient sanitization of insect frass is required before
the residual material can be used as soil amendment in agriculture. According to current
knowledge, especially thermophilic digester systems with and without a downstream com-
posting stage offer an effective hygienization method for waste biomass [38]. Particularly
in the field of biowaste and sewage sludge treatment, the AD process is used to reduce the
amount of waste and for waste hygienization. However, further research is required to
evaluate the sanitization efficiency of the anaerobic digestion of insect frass. Additionally,
the development of safe process chains that also include transport and residue handling at
the biogas plant demands additional research.

4. Conclusions

Insect frass is a residue material of the insect rearing process and composes of feed
remains and insect excrement. Anaerobic digestion can be an interesting waste treatment
option with a potential for waste sanitization. By combining insect farming and biogas
process electrical energy, biomethane as a biofuel can be produced from the waste material.
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Further synergies arise from the utilization of exhaust heat of the biogas plant in the insect
rearing process and product processing.

According to this initial study, insect frass represents a suitable biogas substrate with
specific methane yields comparable to other residue materials from animal husbandry.

Insect frass from the pilot operation resulted in BMP tests in SMY of 277 ± 0.8. mL/g
VS. In comparison to the BMP tests, long-term anaerobic digestion resulted in approximately
38% lower methane yields in a range of 167 ± 15 mL/gVS with a mean methane content of
the biogas of approximately 54%. During the digestion trial, an increase in the ammonium
concentration was observed, which can lead to process instabilities. Therefore, the anaerobic
digestion of insect frass with co-substrates which have a lower nitrogen content can be
recommended.
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Abstract: The aim of this paper is to describe a study of the anaerobic digestion of industrial citrus
solid waste (ISCW) in both batch and semi-continuous modes for the production of bioenergy without
the elimination of D-limonene. The study was conducted at the pilot plant level in an anaerobic
reactor with a working volume of 220 L under mesophilic conditions of 35 ± 2 ◦C. Cattle manure
(CM) was used as the inoculum. Three batches were studied. The first batch had a CM/ISCW
ratio of 90/10, and Batches 2 and 3 had CM/ISCW ratios of 80/20 and 70/30, respectively. In the
semi-continuous mode an OLR of approximately 8 g total chemical oxygen demand (COD)/Ld
(4.43 gVS/Ld) was used. The results showed that 49%, 44%, and 60% of volatile solids were removed
in the batch mode, and 35% was removed in the semi-continuous mode. In the batch mode, 0.322,
0.382, and 0.316 LCH4 were obtained at STP/gVSremoved. A total of 24.4 L/d (34% methane) was
measured in the semi-continuous mode. Bioenergy potentials of 3.97, 5.66, and 8.79 kWh were
obtained for the respective batches, and 0.09 kWh was calculated in the semi-continuous mode. The
citrus industry could produce 37 GWh per season. A ton of processed oranges has a bioenergy
potential of 162 kWh, which is equivalent to 49 kWh of available electricity ($3.90).

Keywords: anaerobic digestion; industrial solid citrus waste; cattle manure; citrus industry; bioen-
ergy potential

1. Introduction

Citrus belongs to the group of products with the highest world consumption, with
oranges being the most consumed. According to the official data, currently around four
million hectares are harvested [1], with the world’s production of oranges being about
47.5 million tons [2]. In this context, Brazil (15.1%), China (7.3%), the European Union
(5.8%), the United States (4.9%), and Mexico (4.4%) are the countries that produce the most
oranges [2]. Approximately, 28.7 million tons (60%) are consumed as fresh oranges and
18.8 million tons (40%) are used in the citrus industry for the production of concentrated
orange juice, essential oils, marmalades, jellies, potpourris, candied peel, jams, flavoring
agents for beverages, health drinks, and essences that are used as food-grade products [3–5].
From the processing of oranges, 40–60% of the total tonnage of oranges is discarded as
solid waste [6,7], so, worldwide, the citrus industry generates from 7.5 to 11.3 million
tons of industrial solid citrus waste (ISCW) per year. The large amounts of ISCW that
are produced and the peculiar characteristics of ISCW involve considerable constraints
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for their management due to both economic and environmental factors [8]. ISCW is
characterized by a high water content (80%); acid pH (i.e., pH values in the range of 3–5)
due to the presence of organic acids [9]; total solids (20.17%, wet basis); total mineral
solids (0.87%, wet basis); volatile solids (19.31%, wet basis); chemical organic demand
(1085 mgO2/g, dry basis) [10]; and D-limonene, which is a toxic compound [11]. As
a matter of fact, traditional citrus peel waste disposal strategies (e.g., incineration and
landfilling) currently are insufficient and problematic in terms of environmental impacts
and energy efficiency [9]. Some viable alternatives for treating this type of waste are
anaerobic digestion and anaerobic co-digestion, which have strong potential benefits to
contribute to both pollution control and energy recovery [12,13]. The main advantages of
anaerobic digestion and anaerobic co-digestion are (i) environmental friendly solutions
compared to other practices, (ii) organic waste with a low nutritional content can be
degraded via co-digestion with different substrates in anaerobic reactors, (iii) improved
methane yield because of the supply of additional nutrients from the co-digestates, (iv)
more efficient use of equipment and cost-sharing by processing multiple waste streams
in a single facility, and (v) the process produces biogas with a low cost, and this could be
vitally important in meeting our energy needs in the future [14–16].

Therefore, a method to limit the inhibition of the process because it produces toxic
compounds, such as D-limonene, consists of co-digesting citrus peel waste with other
substrates to dilute the toxic compounds [5]. Anaerobic co-digestion, and also anaerobic
digestion, produce a valuable biogas, mainly composed of methane (65–80%) and carbon
dioxide (20–35%), and a wet residue (digestate) [17]. Methane has a heating power of
9.94 kWh/m3 at standard temperature and pressure (STP) [18], but the heating power of
biogas varies from 5.2 to 6.2 kWh/m3 at STP [19]. Biogas has great potential for various
applications, such as heating, combined heat and electricity [20], the improvement of the
quality of transport fuel, and the replacement of natural gas for various uses.

In the last few years, various scientific articles have been published that focused on the
anaerobic digestion and co-digestion of solid waste from oranges, but the studies reported
in these articles have required either total or partial elimination of D-limonene to avoid
its inhibitory effect during this biological process. Specifically, various substrates and
co-substrates have been used for anaerobic digestion and co-digestion, such as biowaste,
municipal waste, catering waste, and orange peel waste. As inoculums have been used,
e.g., a mixture of sludge, co-digested municipal solid waste and melon residues digestate,
and liquid digestate coming from a full-scale plant, among others. Some interesting papers
in this area are: (1) Calabrò et al. [21], who indicated that orange peel waste can produce
up to 370 LCH4/kgVS (under normal conditions) in mesophilic conditions and up to
300 LCH4/kgVS (under normal conditions) in thermophilic conditions, and the presence
of increasingly high concentrations of essential oils temporarily inhibits methanogenesis.
(2) Ruiz and Flotats [22] indicated that the biochemical methane potential values of the
citrus waste that was tested (i.e., orange peel, mandarin peel, mandarin, pulp, and rotten
fruit) were 354–398 LCH4/kgSV and that grinding the orange peel (2.5 g limonene/L) did
not influence the potential value of biochemical methane. (3) Anjum et al. [23] studied the
synergistic effect of co-digestion to enhance anaerobic degradation of catering waste and
orange peel, and their findings indicated that the highest degradation of organic matter
(49%) was achieved with co-digestion of catering waste and orange peel at a 50%/50%
mixing ratio. (4) Calabró and Panzera [24] performed the anaerobic digestion of ensiled
orange peel waste (OPW), and their findings indicated that the highest production was
attained for samples of OPW ensiled for 37 days, with a value of 365 normal mLCH4/gVS,
and OPW ensiled for 7 days inoculated with sludge already adapted to the substrate
yielded 513.7 normal mLCH4/gVS versus 187.2 normal mLCH4/gVS of the corresponding
test using non-adapted inoculum.

Other works have proposed different strategies to minimize D-limonene’s toxic effects
on anaerobic digestion, i.e., the combination of recirculation and filtration can be a promis-
ing strategy for the anaerobic digestion of citrus waste at high OLRs [25]. Orange peel
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waste alkaline pretreatment after the addition of a moderate amount of granular activated
carbon can render the anaerobic digestion of OPW sustainable as long as the organic
loading does not exceed 2 gVS/L and the nutrients are supplemented [26]. Further, the
addition and pre-treatment of zero valent iron/granular activated carbon enhance process
stability up to a loading of 3 kgVS/m3 d and increases the production of methane, even at
a suboptimal pH [27]. Similarly, two-stage anaerobic digestion systems have replaced the
use of other pretreatments and increased the concentration of methane (approximately 60%
compared with about 50%) and volume (by 13%) relative to one-stage anaerobic digestion.
The accumulated biogas yield was 0.79 L/gSVT and 0.49 L/gSVT for the methanogenic
and control reactors, respectively [28].

Cattle manure is used extensively as an inoculum in many studies [29] or as a co-
substrate due to its pH characteristics (7.25), chemical oxygen demand (COD) (24.85 mg/L),
TS (189.8 mg/L), and VS (34 mg/L) [30]. In addition, cattle manure is used directly as
fertilizer in agriculture, but this can cause environmental problems, such as foul odors and
contamination of both soil and water [31].

Despite the efforts made by the scientific community in the search for new and better
alternatives for the use of solid citrus waste, it remains a challenge to find new ways of
treatments that can be implemented on an industrial scale. A practical and affordable way
is to take advantage of its physicochemical properties of cattle manure by using it as an
inoculum in the anaerobic digestion of these wastes. Thus, the objective of this paper is
to report the results of a study of anaerobic digestion for the production of bioenergy in
both the batch and semi-continuous modes of ISCW with CM, without the elimination of
D-limonene.

2. Materials and Methods

The methods used in this work are explained in detail below.

2.1. Experimental Device

It was constructed an anaerobic reactor (AR) made of fiberglass with a wall thickness
of 0.64 cm, a height of 1.04 m, and a total volume of 250 L. The AR had a working
volume of 220 L and a 30-L biogas chamber. Fiberglass is known to be a good thermal
insulator, to be inert to diverse substances (e.g., the volatile fatty acids produced during the
anaerobic digestion), to have resistance to deformation, and to be stable at relatively high
temperatures. The valves, tubes, and connectors were made of schedule 80 PVC material
that had a diameter of 5.08 cm. As shown in Figure 1, the reactants were placed in the AR.
In addition, during the operation of the AR, the mesophilic conditions (35 ± 2 ◦C) using
a heating jacket with a capacity of 25 L capacity was kept with an automatic thermostat
and a 600 L/h capacity recirculation submersible pump inside the water reservoir. The
inoculum and the substrate were mixed through a recirculation system installed at the
bottom of the AR. The recirculation system consisted of a reservoir tank and a Masterflex
Cole-Parmer variable-velocity, peristaltic pump. The biogas was collected in an inverted
water displacement system, and HCl was used to maintain the pH at approximately 5.5 in
order to avoid the dissolution of CO2 into the water.

2.2. Inoculum

CM was used as the source of inoculum for this study. The CM was obtained from a
geomembrane reactor located at a cattle farm in the city of Orizaba in Veracruz, Mexico.
After collection, the CM was filtered using a pore size of 2 mm to remove large particles.
The CM was characterized according to the parameters shown in Table 1, after which it
was used to inoculate the AR.
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Table 1. Characterization of cattle manure and industrial solid citrus waste.

Parameter
CM ISCW

Mean Standard Deviation Mean Standard Deviation

Total COD (g/L) 7.83 1.45 54.11 1.25
Soluble COD (g/L) 4.22 1.95 32.96 1.27

TS (g/L) 4.32 1.40 61.22 1.33
VS (g/L) 3.59 2.30 57.85 1.24

pH 7.45 0.18 4.46 0.17

2.3. Substrate

ISCW from a citrus processing plant in the municipality of Martínez de la Torre, Ver-
acruz, Mexico was used as the substrate. This ISCW was generated at different points in
the process of obtaining various products, such as fresh juice, concentrated juice, essen-
tial oil, and dry peel. ISCW was mixed before its final disposal, as part of the operating
practices into the citrus processing plant. After, the ISCW samples were obtained, they
were preserved at 4 ◦C. Then, the ISCW was cut into small pieces that were approximately
1–1.5 cm in length, and they were grinding to reduce the particle size for later physico-
chemical characterization. Table 1 shows the main parameters of the characterization of
CM and ISCW.

All samples were analyzed in triplicate.

2.4. Methodology of the Experiment

The experiment consisted of three stages, as described below:
Stage 1. Inoculation, start-up, and stabilization of the anaerobic reactor with CM
The AR was inoculated with 160 L of fresh CM, and it was operated in a short batch

mode over a period of seven days. Then, the start-up was initiated by extracting 140 L of
CM, which left 20 L of CM along with a 200 L supply of fresh excreta, which ensured the
availability of a working volume of 220 L of CM, and the AR was operated for 30 days. The
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reactor was stabilized by using two batches, each one for 30 days, and removing 200 L from
the 220 L CM and adding 200 L of fresh CM into the reactor. In Stage 1, it was not necessary
to regulate the pH, because, as shown in Table 1, the CM presented an almost neutral pH,
and it was recirculated at a constant rate under mesophilic conditions at 35 ± 2 ◦C for a
duration of 97 days.

Stage 2. Digestion stage of the ISCW with CM
After the previous stage, the AR was fed with ISCW, thus starting the anaerobic

digestion process of the ISCW using CM in batch mode. Due to the low pH values of the
ISCW, it was necessary to use a 3 M NaOH solution to increase the values to approximately
7.5 so the anaerobic digestion process could occur. The ISCW were fed at three different
ratios because the bacteria inside the reactor had not adapted to the new substrate. Each
ratio was evaluated as a batch, which means that one batch one corresponded to the
CM/ISCW ratio of 90/10 (v/v), as shown in Table 2. Each batch was operated for 30 days
with a total volume of 220 L of substrates.

Table 2. Anaerobic digestion of CM/ISCW.

Batch CM/ISCW
(%V/V)

CM Remaining in the Reactor
(L)

Fresh ISCW
(L) Batch Duration (d)

1 90 / 10 198 22 30
2 80 / 20 176 44 30
3 70 / 30 154 66 30

Stage 3. Digestion stage in semi-continuous mode
After evaluating the anaerobic digestion process of the ISCW using CM in the batch

mode, the adaptation of the inoculum to other conditions was proven. For this, the AR
was maintained in recirculation for 15 additional days with the same CM/ISCW mixture
used in the last stage, i.e., 70/30. Later, 44 L of the mixture was replaced by 44 L of fresh
ISCW, and the remaining 176 L was used as an inoculum since it was perfectly adapted to
degrade ISCW. This process was repeated four times, the first time for 5 days and 10 days
each for the three remaining times. Thus, this digestion process took place during short
periods of time, i.e., at the same conditions as Batch 2 of Stage 2.

To evaluate the operation of the AR in a semi-continuous mode, the CW/ISCW ratio
was modified again, i.e., 90/10 was used. This last ratio was equivalent to manage an OLR
of 8 gCODT/Ld, thus the AR was operated during two short periods of 10 days each one.

2.5. Analytical Determinations

The pH was determined by an Orion Model 250 A potentiometer. The total COD
(CODT) and the soluble COD (CODS) were monitored every 24 h in both operational
batches and semi-continuous modes using the colorimetric method [32]. Due to its nature,
ISCW cannot be analyzed directly [33], and, for that reason, the particle size was reduced
to less than 1 mm in a conventional blender with the aim of homogenizing the samples in
order to avoid the obstruction of the measuring instruments. In order to conduct the CODS,
12 mL of the sample were centrifuged in an HERMLE Z 383 centrifuge at 3500 rpm for
10 min, after which the supernatant was analyzed. The CODs of the digested samples were
measured with a HACH spectrophotometer at 620 nm. The total solids (TS) and volatile
solids (VS) were determined by the gravimetric method [32].

The composition of the biogas was determined using a Buck 310 gas chromatograph
equipped with an All-Tech CRT I capillary column that was 6 inches long and had a
diameter of 1/4 inch. The gas chromatograph detected CH4, CO2, O2, and N2. The 2 mL
doses were injected directly into the gas chromatograph, helium at 70 psi was used as the
carrier gas, the temperature of the column was 36 ◦C, and the temperature of the detector
was 121 ◦C.
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2.6. Bioenergy Potential of ISCW with CM

Bioenergy potential was calculated from the methane yields obtained during the
anaerobic digestion of the industrial solid citrus waste with cattle manure in both batch
and semi-continuous mode. The following conditions were assumed:

• ISCW had no physical or chemical pre-treatment to eliminate the D-limonene con-
tained in the waste. This was done to maintain the same conditions that exist with
industrial waste.

• In batch mode, three CM/ISCW ratios were considered, i.e., 90/10, 80/20, and 70/30.
Each batch had a duration of 30 days.

• In semi-continuous mode, 22 L/day of fresh ISCW were fed, so, OLR 8 g total COD/Ld
(4.43 gVS/Ld) was used. The experiment was conducted for a period of 10 days.

• The anaerobic digestion process in both the batch and semi-continuous cases was
conducted at the mesophilic condition of 35 ± 2 ◦C.

The volume of methane generated by the anaerobic digestion (CH4 AD) was calculated
using Equation (1):

CH4 AD = (VAR)(VSI)(VS%)(YCH4)(1 × 10−5) (1)

where:
VAR, is the volume of the anaerobic reactor (in liters) of the mixture (CM/ISCW) that

was used.
VSI, is the feeding concentration of the mixture (initial VS), expressed in g/L.
VS%, is the removal efficiency of the VS, expressed in %.
YCH4, is the methane yield obtained from the anaerobic co-digestion process, in LCH4

at STP/gVSrem.
1 × 10−5 is a conversion factor to express the methane generated by AD in m3

at standard temperature and pressure (STP). Bioenergy potential was estimated using
Equation (2):

BEP = (CH4 AD)(HPCH4) (2)

where:
HPCH4, is the heating power of methane at standard temperature and pressure,

9.94 kWh/m3 at STP [18].
From the bioenergy potential, the amount of electricity that can be used was calculated

using Equation (3) based on the energy conversion efficiency (η) of a commercial generator,
i.e., 30% [34], and 1 × 10−2 is a conversion factor that was used to express electricity in
kWh. The remaining 70% corresponds to thermal energy.

Electricity = (BEP)(η)(1 × 10−2) (3)

The cost of electricity tariff (ET) in Mexico is approximately 0.08 USD/kWh [35], so
Equation (4) can be used to calculate the cost of electricity provided by the anaerobic
digestion process:

Cost = (Electricity)(ET) (4)

3. Results and Discussion

The results presented in this section are explained according to the research method-
ology, i.e., Stage 1: inoculation, start-up, and stabilization of the anaerobic reactor with
CM; Stage 2: digestion stage of the ISCW with CM; and Stage 3: the digestion stage in the
semi-continuous mode. In addition, an estimate of the bioenergy potential from anaerobic
digestion process is presented. The findings of each stage are described below:

3.1. Inoculation, Start-Up, and Stabilization of the Anaerobic Reactor with CM

In this stage, only cattle manure was used, i.e., for inoculation (7 days), start-up
(30 days), and stabilization of the anaerobic reactor (two batches at 30 days per batch).
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During the inoculation, the pH values remained stable, ranging between 6.95 and 7.81,
while the total COD decreased from 7.5 to 3.6 g/L, and the soluble COD decreased from
4.7 to 2.5 g/L. The initial TS value of 5.14 g/L decreased to a final level of 3.7 g/L, and
the values of VS were 3.7 at the beginning and 1.6 g/L at the final of the inoculation.
Subsequently, during the start-up, the pH at the inlet was 7.69, and it was 6.71 at the
outlet. The initial and final values of the total COD were 6.5 and 1.45 g/L, respectively.
Likewise, there was a decrease in the soluble COD from 2.97 to 0.84 g/L, and the TS and
VS values varied from 4.36 to 2.76 g/L and from 2.74 to 1.11 g/L, respectively. Finally,
in the stabilization, the pH was equal to the value in the previous phases, i.e., very close
to 7. The CM used to feed the AR maintained an average total COD of 7.35 g/L and an
average soluble COD of 3.8 g/L. Each batch presented 79 and 88% of total COD removal,
with a similar tendency for the removals of soluble COD, TS, and VS. The accumulated
biogas was quantified as approximately 72.6, 659, 647, and 741 L in the inoculation, start-
up, and stabilization phases (two batches), respectively. Baek et al. [36] found that the
biochemical methane potential of the cattle manure though mono-digestion can produce
around 109.2 L/kgVS. These same researchers concluded that co-digesting cattle manure
with food waste and pig manure proved effective in accelerating the initiation of anaerobic
digestion, which suggested that the co-digestion strategy could be applied to promote the
start-up of a digester to treat cattle manure. Usually manure is considered to be an output
product in livestock systems, which leads to the idea that it is simply residual; however,
manure should be considered to be a valuable product because of its nutrients and biogas
potential [37]. Alatriste-Mondragón et al. [13], mention that the main wastes most used in
co-digestion processes are municipal wastewater sludge, the organic fraction of municipal
solid waste and cattle manure. Cattle dung proved to be beneficial to achieve enhanced
biogas production with supplementation of four residues: compost, landfill waste, paddy
soil and kitchen waste [38]. Silva and Abud [39], evaluated the use of bovine manure as
inoculum in the vinasse biodigestion process, using 0.5, 3.0 and 5.5% of manure.

3.2. Digestion Stage of the ISCW with CM

After conditioning the inoculum during Stage 1, the anaerobic reactor was operated
in three batches at the conditions shown in Table 2, i.e., using the ISCW as the substrate
and the CM as the inoculum.

Regarding the monitoring of the pH, the three batches were fed so as to regulate the
pH of their respective CM/ISCW relationships with values close to 7.5. During the 30 days
of operation, the pH remained relatively stable, finally reaching values below 7, as shown
in Figure 2. However, in Batch 3 during the first six days, a decrease in pH was observed,
and it reached 5, which may have been due to the bacterial medium’s being affected by the
increased ISCW feed. In order to avoid greater levels of acidification, an extra addition of
NaOH solution was required, which successfully stabilized the pH, as had been the case
in the previous batches. Continuing with the analysis of Batch 3, despite having suffered
a significant initial change in pH, the bacteria regained their activity, and the anaerobic
digestion process was not inhibited. In anaerobic digestion or co-digestion, pH is an
important operating parameter, and, in this experiment, the pH oscillated between values
that were close to 7, i.e., in a range of 6.80 to 7.58. Ward et al. [40], found that the ideal range
of pH for anaerobic digestion was 6.8−7.2. Lee et al. [41] reported that methanogenesis
occurs efficiently in an anaerobic reactor at pH values between 6.5 and 8.2. Marín-Peña
et al. [42] also reported that pH values in the range of 7.0–7.5 favor the methanogenic
stage of anaerobic digestion. In addition, during the anaerobic co-digestion of 50% orange
peel with 50% catering waste, Anjum et al. [23] observed that the pH was in the range of
6.38–7.01 between days 39 and 42, which is the optimum range for methanogenesis.
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Figure 2. Values of pH during the digestion of SCW with CM.

Total COD and soluble COD varied from batch to batch depending on the amount of
ISCW that was added. Thus, as shown in Figure 3, the total COD values at the beginning
of the three batches were 19.78, 25.18, and 37.34 g/L, respectively. After 30 days of opera-
tion, the total COD removals for the three batches were 58%, 50%, and 62%, respectively.
Similarly, 60%, 57%, and 35% of the soluble COD were removed from Batches 1, 2, and
3, respectively. Figure 4 shows that, as the CM/ISCW ratio increases, a wider relative
difference exists between the total COD and the soluble COD. Anjum et al. [23] noted that,
after 42 days of the digestion process, the highest decrease in insoluble COD, i.e., from
30,080 to 14,720 mg/L, was observed at the 50% orange peel ratio with catering waste.
This means that 51% of insoluble COD was transformed into soluble COD. Comparing
this findings with the results of the present work, the digestion process of ISCW using CM
is adequate.
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Figure 3. Behavior of the total chemical oxygen demand (COD) and soluble COD.

However, the addition of ISCW resulted in increases in the volatile solids concen-
trations and the total concentrations of each batch. Figure 4 shows that the TS values at
the beginning of each batch were 15.17, 19.66, and 27.75 g/L, respectively, and they had
removal levels of 53, 49, and 58%, respectively. As expected, the VS levels followed a
trend similar to the trend of the TS levels, with removal percentages of 49, 44, and 60%,
respectively. In considering other types of substrates, Li et al. [43] reported that the initial
concentration of the substrate influences the mesophilic anaerobic digestion of solid, or-
ganic, municipal waste, as was the case for Batches 1, 2, and 3 in terms of both COD and
solids. Thus, comparing these findings with the literature, Anjum et al. [23], found that the
co-digestion of catering waste and orange peel at a 50% ratio presented 66% of the organic
matter removal efficiency (volatile solids) and 55% of total solids, but the experiment was
conducted only for a period of 80 days.
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Figure 4. Degradation profiles for total solids (TS) and volatile solids (VS) during digestion in the
batch mode.

While the bacteria were adapting to the ISCW that was added, Batch 1 showed low
levels of biogas production during the initial days of the experiment. Then, an increase was
observed until Day 8, and, later, 29 L was reached at 18 days. Batch 2 reacted similarly, but
it had higher biogas production during the first days of operation than the previous batch,
which was attributed to the increase of the concentration of ISCW. The highest production
of 28 L was reached on day 43. However, Batch 3 was affected from 61 to 71 days due
to the new increase in the concentration of ISCW. However, Figure 5 shows that, from
day 73 forward, this batch showed a very clear recovery, and it reached its highest point
of 28 L on day 80. The biogas that accumulated in the three batches was 550, 606, and
467 L, respectively. The highest quantity of biogas was accumulated in Batch 2, followed
by Batches 1 and 3. The maximum methane yield for the three batches were 0.305, 0.337,
and 0.331 LCH4 at STP/g total CODrem, respectively. These same methane yield expressed
in terms of volatile solids for Batches 1, 2, and 3 presented averages of 0.322, 0.382, and
0.316 LCH4 at STP/gVSrem, respectively. Despite the elevated concentrations of organic
material, the bacterial medium was capable of adapting and degrading this type of waste,
thereby generating high methane yields. SRTs of 300, 150, 100 days for Batches 1, 2 and 3,
respectively; were calculated.
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Figure 5. Biogas production in the digestion stage in batch mode.
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Calabrò et al. [21] reported a methane yield of about 0.396 LCH4/gVS (under normal
conditions) in 30 days, utilizing a co-digestion process on orange peel waste (50%) with
biowaste (50%), but they extracted a large amount of the D-limonene present in the fresh
residue. This yield was higher than that obtained in this work, but the difference is due
to the proportions of the citrus waste that were used and the fact that the remaining D-
limonene was eliminated during the pretreatment. Similarly, Ruiz and Flotats [22], found
that the biochemical methane potential obtained for orange peel samples was an average
356 LCH4/kgVS over a period of 28 days. Finally, the concentration of essential oils, in
orange peel waste, is 5.4 g/kg, being 90–98% D-limonene [44]. The concentrations of
D-limonene above 200 mg/kg has an inhibitory effect on anaerobic digestion of citrus
peel [22]. The inhibitory effect of essential oils (up to 2 g/L) on anaerobic digestion of
orange peel waste under mesophilic conditions results in a methane yields up to 370 LCH4
at STP/kgVS [21].

Table 3 presents a summary of the results of the anaerobic digestion process compared
with common studies.

Table 3. Summary of the current findings with other common studies.

Parameter
Current Findings Reference

Batch 1 Batch 2 Batch 3 [10] [21] [22] [23] [24] [28]

Inoculum Cattle
manure

Cattle
manure

Cattle
manure

Granular
sludge

Mixture of
sludges

Digestate
from
cow

manure
digesters

Co-digested
municipal
solid waste
and melon

residues
digestate

Liquid
digestate

Mesophilic
anaerobic

sludge

Substrate ISCW ISCW ISCW
Orange

peel
waste

Orange
peel waste

Citrus
waste of
different
origins

Catering
waste

Industrial
orange

peel
waste

Industrial
orange peel

waste

Co-substrate - - - - Biowaste - Orange peel - -

Stages Single-
stage

Single-
stage

Single-
stage

Single-
stage

Single-
stage

Single-
stage Single-stage Single-

stage Two-stage

Ratio 90/10 80/20 70/30 - 50/50 2.6 50/50 0.3

Orange
peel/Inocu-
lum/Water
35/26/39

Reactor volume (L) 250 250 250 3.5 0.5 2 0.5 1.1 4.3
Period (d) 30 30 30 5 30 28 42 37 25.8

Temperature (◦C) 35 ± 2 35 ± 2 35 ± 2 37 35 ± 0.5 38 30 ± 1 35 ± 0.5 35
pH 6.86–7.45 6.98–7.58 6.84–7.50 6.70–8.60 - - 6.38–7.01 7.58–7.65 7.00–8.00

CODT removed (%) 58 50 62 84–90 - 75 49 - -
CODS removed (%) 60 57 35 - - 77 51 - -

TS removed (%) 53 49 58 - - - 55 - -
VS removed (%) 49 44 60 - - 11 66 - -

YCH4 (LCH4/gVS) 0.322 0.382 0.316 0.230 0.396 0.354–0.398 1.06 L/dtsubs 0.365 0.79

3.3. Digestion Stage in Semi-Continuous Mode

After the completion of the digestion in batches over a period of 30 days, it was
necessary to verify the performance of the inoculum and evaluate the digestion of the
waste in a shorter operating period. The reactor was operated with an 80/20 ratio, but this
was done according to the conditions established in Table 4.

Table 4 shows that the percentage of total COD and VS removed from short Batch 1
was low, and this was due to the short time the bacteria had to degrade the organic material.
Thus, it was necessary to increase the degradation time for the subsequent short batches, in
which there was a significant increase in the removal percentages, with similar behavior
observed for the degradation in the other parameters, i.e., total COD and VS, in short
Batches 2 and 3. However, removal efficiencies decreased drastically for short Batch 4,
which probably was due to the fact that there was a short time period in which to digest the
CM/SCW ratio of 80/20. At standard temperature and pressure, the maximum methane
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yields for each short batch were 0.103, 0.164, 0.117, and 0.134 LCH4 per gram of total
CODrem, respectively. However, the average methane yields for each batch, according
to the VS readings, were 0.052, 0.104, 0.074. and 0.297 LCH4 at STP/gVSrem, in which it
was observed that the methane yields for the last batch were high compared to the low
percentages for the removal of total COD and VS. STRs from 25 to 50 days were calculated.

Table 4. Evaluation of digestion over short periods of time.

Short
Batch

Operation
(Days)

ISCW Fed to the
Anaerobic Reactor

(L)

Initial
Total COD

(g/L)

Removed
Total COD

(%)

Initial
VS

(g/L)

Removed
SV
(%)

1 5 44 13.58 30 11.98 48
2 10 44 12.17 47 10.46 67
3 10 44 14.25 40 12.96 67
4 10 44 17.86 12 10.01 16

Once the evaluation of the short batches was completed, the operation of the reactor
in semi-continuous feeding mode began with a daily 22-L dose of fresh ISCW in order to
keep the organic loading rate (OLR) at approximately 8 g total COD/Ld (4.43 gVS/Ld).
During the adaptation phase, an average of 8.03 g/L of total COD was used, while, during
the stabilization phase 8.35 g/L of total COD was used.

Figure 6 shows a similar behavior in the removal of total COD and VS in the adaptation
and stabilization phases, presenting average values of 29% for total COD in the adaptation
phase and 24% in the stabilization phase. For the removal of VS, the adaptation phase
presented 25%, while the stabilization phase presented 35%. The generation of biogas
for the adaptation and stabilization phases were, on average, 21.6 L/d and 24.4 L/d,
respectively, with about 34% methane.
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Figure 6. ISCW feeding in semi-continuous mode in both the adaptation and stabilization phases:
percent of total COD and VS removed.

Operating in the semi-continuous mode, an SRT of 10 days was obtained, which is
in accordance with those described by Martín et al. [10], who found an 84–90% level for
the COD removal at an OLR of 1.20–3.67 gCOD/Ld. When they increased the load to
4 gCOD/Ld, they observed a strong inhibition of COD. However, the methane yield was
0.27–0.29 LCH4 at STP/gCODadd. In contrast with this study, Martín et al. [10] conducted
their experiments at thermophilic conditions with an SRT of 25 days.

While the removal of total COD and VS, as well as the methane yield, were lower in
the semi-continuous mode than in the batch mode, the anaerobic reactor can treat up to
220 L of ISCW in 10 days, whereas only 22 L were fed during 30 days in the batch mode.
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This finding highlights the adaptation of a specialized inoculum for the treatment of greater
volumes of ISCW in shorter periods.

3.4. Bioenergy Potential from Anaerobic Digestion

Equation (1) was used to calculate the volume of methane generated by anaerobic
digestion. For Batches 1, 2, and 3, 220 L of the CM/ISCW mixture were fed with 90/10,
80/20, and 70/30 ratios, respectively. The initial concentrations of total VS for the three
batches were 11.52, 15.41, and 21.19 g/L, respectively. The percentages of VS removed,
which were obtained experimentally after 30 days of operation for each batch, were 49%,
44%, and 60%, and the maximum methane yields were 0.322, 0.382, and 0.316 LCH4 at
STP/gVS removed. Thus, the methane generated by AD for each batch was 0.40, 0.57, and
0.88 m3 at STP, respectively. In the semi-continuous mode, an average of 8.35 g/L of total
COD was fed, and it was equivalent to 4.63 g/L of VS, reaching 35% of VS removed, with
0.024 LCH4 at STP/gVS removed, all during a period of 10 days. The methane generated
by AD in semi-continuous mode was approximately 0.01 m3 at STP.

Bioenergy potential was estimated using Equation (2) for Batches 1, 2, and 3, and the
values of 3.97, 5.66, and 8.79 kWh were obtained, respectively, during 30 days for each
batch. To conduct the experiments in batch mode, it was necessary to supply fresh ISCW,
and, for Batches 1, 2, and 3, approximately 10, 20, and 30 kg of fresh ISCW, respectively,
were supplied. Therefore, the specific bioenergy potential from a kg of fresh ISCW was
0.40, 0.28, and 0.29 kWh/kg fresh ISCW for each batch. The bioenergy potential in the
semi-continuous mode was calculated as 0.09 kWh during a period of 10 days, as shown
in Figure 7. It is important to mention that, although in semi-continuous mode a much
lower bioenergy potential was obtained compared to batch mode, the retention time to
treat 220 L of ISCW was 10 days, which is equivalent to 22 L of ISCW/day, and to treat
22 L of ISCW in batch mode (Batch 1), 30 days were required.
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Figure 7. Bioenergy potential derived from anaerobic digestion ISCW with cattle manure (batch and
semi-continuous modes).

From the bioenergy potential, using Equation (3) the amount of electricity that can be
available for use was obtained, and it was 1.19, 1.70, and 2.64 kWh for Batches 1, 2, and
3, respectively, while 0.03 kWh was obtained for the semi-continuous mode. The thermal
energy values derived from the bioenergy potentials were 2.78, 3.96, and 6.15 kWh for the
aforementioned batches, and it was 0.06 kWh for the semi-continuous mode. The costs of
consuming these amounts of electricity were estimated by Equation (4), and they were 0.10,
0.14, and 0.421 USD for each respective batch and 0.002 USD for the semi-continuous mode.

The citrus processing plant mentioned previously was used as a case study, and it had
a processing capacity per season (124 days) of 230,000 tons of oranges, which is equivalent
to about 1850 tons per day. From each ton of oranges processed, 0.5 to 0.6 tons of ISCW
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were generated, which is equivalent to about 925 tons of ISCW per day and 115,000 tons of
ISCW per season. Using the results obtained from the bioenergy potential in batch mode, it
can be assumed that the citrus industry could produce 46, 33, and 34 GWh per season using
Batches 1, 2, and 3, respectively, resulting in an average of 37 GWh per season. In terms
of available electricity, there would be 14, 10, and 10 GWh for each batch, respectively,
and, on average, 11 GWh per season, which is equivalent to 1.1, 0.8, and 0.8 million USD
per season, with an average of 0.9 million USD per season. As a consequence, one ton of
ISCW has a bioenergy potential of approximately 324.5 kWh, corresponding to 97 kWh of
electricity (7.8 USD). In other words, a ton of processed oranges has a bioenergy potential
of 162 kWh and could provide 49 kWh of electricity equivalent to 3.9 USD. Koppar and
Pullammanappallil [45] conducted an analysis of the bioenergy potential using 270 wet
tons/day of orange peel waste, and they found that 106 GWh/year could be obtained,
which would be equivalent to 78 GWh in a season of 270 days, as was analyzed in their
case study. With a 25% conversion efficiency, 26 GWh/year of electricity could be obtained,
i.e., 19.5 GWh in a season of 270 days.

For the calculation of the bioenergy potential on an industrial scale, it is possible
to consider the use of a single reactor and the information obtained from the anaerobic
digestion of the waste, however; this would be a hypothetical case, since the reactor would
have to be of considerable volume. A practical alternative to solve this could be through the
implementation of modular reactors, so that when the amount of solid waste produced by
the citrus industry increases or decreases, modular units would be available to cover both
treatment and energy demands. On the other hand, as previously mentioned, this work
was focused on the treatment of solid orange waste, whose season is 124 days, i.e., from
January to April. The rest of the year the citrus plant continues processing lemons (May to
October), grapefruit (September to December) and tangerine (December). As can be seen,
there are solid citrus wastes throughout the year, which have similar characteristics, so
there would be raw material available for the anaerobic digestion process, in the case of an
annual operation.

4. Conclusions

A study was conducted of the anaerobic digestion of citrus solid waste in both the
batch mode and the semi-continuous mode without the elimination of D-limonene. Cattle
manure was used as the inoculum, and once stabilized through two batches of 30 days
each, it reached values in the range of 79–88% removal of COD, with similar values of other
parameters, such as soluble COD, total solids, and volatile solids with the pH maintained
at about 6.71. The accumulated biogas was quantified as being in the range of 647 to 741 L.

In batch mode, industrial solid citrus waste was treated by means of anaerobic di-
gestion, with the previously conditioned inoculum (CM), using ratios CM/ISCW 90/10
(Batch 1), 80/20 (Batch 2), and 70/30 (Batch 3) with a retention time of 30 days for each
batch. The values of pH were around 7, the total COD removals were 58%, 50%, and 62%,
the soluble COD removals were 60%, 57%, and 35%, the total solids removals were 53%,
49%, and 58%, and the volatile solids removals were 49%, 44%, and 60%. The maximum
methane yields were 0.305, 0.337, and 0.331 LCH4 at STP/g of total COD removed, which
was equivalent to 0.322, 0.382, and 0.316 LCH4 at STP/gVS removed. All of these values
are for each respective batch.

The same inoculum that was used in batch mode also was used in the semi-continuous
mode to treat 22 L of ISCW per day, equivalent to an OLR of around 8 g total COD/Ld. The
semi-continuous mode was proved over a 10-day period. The total COD removal was 24%,
and the volatile solids removal was 35% on average, while maintaining a pH value around
7. The biogas generation that was obtained was 24.4 L/d, which was about 34% methane.
The semi-continuous mode presented disadvantages compared to the batch mode, but
the 22 L of ISCW that were digested in Batch 1 in semi-continuous mode during a 30-day
period were treated in only one day.
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Bioenergy potentials of 3.97, 5.66, and 8.79 kWh were obtained for Batches 1, 2, and
3, respectively, and 0.09 kWh was calculated in the semi-continuous mode. With these
findings, it can be assumed that the citrus industry could produce 46, 33, and 34 GWh per
season using Batches 1, 2, and 3, respectively, with an average of 37 GWh per season. This
implies that, at an industrial level, it is feasible to operate the anaerobic digestion process,
so, a ton of processed oranges has a bioenergy potential of 162 kWh and could provide
49 kWh of electricity equivalent to 3.9 USD.As a part of our future work, a general analysis
of the anaerobic digestion process will be conducted using both solid and liquid waste
(effluents) from the citrus industry, with attention to priority areas, such as energy and the
environment. In addition, the biodegradation of the D-limonene concentration inside the
reactor will be monitored in order to study in depth the inhibitory effects and its effect on
biogas production.
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Abbreviations

AD Anaerobic digestion
AR Anaerobic reactor
BEP Bioenergy potential
CH4 AD Volume of methane generated by the anaerobic digestion
CM Cattle manure
CO2 Carbon dioxide
COD Chemical oxygen demand
CODadd Chemical oxygen demand added
CODrem Chemical oxygen demand removal
CODS Soluble chemical oxygen demand
CODT Total chemical oxygen demand
d Day
ET Electricity tariff
g Grams
GWh Gigawatt-hour
HCl Hydrochloric acid
HPCH4 Heating power of methane
ISCW Industrial solid citrus waste
kg Kilogram
kWh Kilowatt-hour
L Liter
LCH4 Liters of methane
m3 Cubic meter
η Energy conversion efficiency
N2 Molecular nitrogen
O2 Molecular oxygen
OLR Organic loading rate
OPW Orange peel waste
pH Potential of hydrogen
psi Pound per square inch
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PVC Polyvinyl chloride
SRT Solid retention time
STP Standard temperature and pressure
TS Total solids
USD ($) United States dollars
VAR Volume of the anaerobic reactor
VSI Initial concentration of the VS
VS% Removal efficiency of the VS
VS Volatile solids
YCH4 Methane yield
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Abstract: The increasing demand for renewable energy sources and demand-oriented electricity
provision makes anaerobic digestion (AD) one of the most promising technologies. In addition to
energy crops, the use of lignocellulosic residual and waste materials from agriculture is becoming
increasingly important. However, AD of such feedstocks is often associated with difficulties due to
the high content of lignocellulose and its microbial persistence. In the present work, the effect of
hydrothermal pretreatment (HTP) on the digestibility of wheat straw is investigated and evaluated.
Under different HTP temperatures (160–180 ◦C) and retention times (15–45 min), a significant increase
in biomethane potential (BMP) can be observed in all cases. The highest BMP (309.64 mL CH4 g−1

volatile solid (VS) is achieved after pretreatment at 160 ◦C for 45 min, which corresponds to an
increase of 19% of untreated wheat straw. The results of a multiple linear regression model show that
the solubilization of organic materials is influenced by temperature and time. Furthermore, using two
different first-order kinetic models, an enhancement of AD rate during hydrolysis due to pretreatment
is observed. However, the increasing intensity of pretreatment conditions is accompanied by a
decreasing trend in the conversion of intermediates to methane.

Keywords: anaerobic digestion; wheat straw; hydrothermal pretreatment; biomethane potential;
batch test

1. Introduction

Given the change from fossil to renewable energy sources, biomass has a special
significance in Germany. According to a recent study, around 26% of primary energy
demand in Germany could be covered by biomass in 2050. The largest share comes from
cultivated biomass (such as energy crops) and agricultural residues such as straw, slurry
and manure. However, only one-third of the disposable potential has currently been
exploited [1]. Anaerobic digestion (AD) is a universal technology that provides different
options for waste treatment, provision of renewable energy (biogas) and production of
an organic fertilizer. Thus, different types of organic materials, such as sewage sludge,
manure, municipal organic waste or lignocellulosic agricultural waste can be used for
biogas production. Among agricultural residues, cereal straw (e.g., wheat straw) is an
interesting feedstock for biogas production due to its high available potential [2].

However, challenges in AD of lignocellulosic feedstocks are due to the inherent struc-
ture, conferring the resistances to hydrolysis and further conversion to biogas. The cause is
primarily to be found in the crosslinked structure of the lignin polymer, which essentially
consists of aromatic bonds, double bonds and phenolic groups. This form of structure
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gives lignin molecules hydrophobic properties that are difficult to access biochemically.
Moreover, both characteristic polysaccharides cellulose and hemicellulose are linked to the
lignin molecule by covalent bonds. Consequently, the strong integration of lignin within
the lignocellulose complex leads to increased resistance of the two polysaccharides to the
biochemical degradation processes [3].

In order to facilitate the AD of lignocellulosic biomasses, studies are focusing on
different disintegration procedures. Among them, physical (extrusion, irradiation), chem-
ical (acids, bases, ionic liquids) or biological (fungal, microbial, enzymatic) methods are
regularly the subject of research. Moreover, thermal processes (e.g., steam explosion, liquid
hot water) or combined process are regarded as a key technology for the rapid and largely
complete conversion of lignocellulosic biomasses [4]. However, most technologies have
rarely been transferred to large-scale implementations. The reasons can be found in their in-
herent drawbacks, such as high costs on energy and chemical consumption, partly corrosive
properties or possible pollutions [5]. Because hydrothermal pretreatment (HTP) only uses
lignocellulosic biomasses and water, it has been widely accepted as a green technology [6].
The process describes a disintegration method, where the recalcitrant structure breaks
under elevated process conditions (150–300 ◦C, initial pressure 0–60 bar, 5–75 min) [7].
Under these conditions, water and organic acids (especially from hemicellulose) accelerate
hemicellulose degradation into short chain products, rendering them as a soluble fraction
in the AD process [7,8]. In recent years, numerous studies dealt with HTP of lignocellulosic
feedstocks and its influence on biogas production. Here, most of these investigations
examine the effect of pretreatment temperature [9,10]. Studies focusing on the influence of
retention time as an additional process variable are rarely available. Furthermore, some
experiments partly provide contradictory results. As an example, Chandra et al. [11] found
that the hydrothermal disintegration of wheat straw (200 ◦C, 15 min) led to an increase
of 20% in biomethane potential (BMP) compared to an untreated reference. This was in
contrast to the findings of Wang et al. [9], who obtained that BMP was even reduced by 30%
when pretreatment was conducted under nearly similar process conditions (210 ◦C, 15 min).
More promising results were achieved at 180 ◦C, which was associated with an increase
in the specific BMP of up to 3%, indicating a slight improvement in feedstock digestibil-
ity [9]. Similar findings were provided by Shang et al. [12], who investigated the effect
of pretreatment temperature and duration on wheat straw within a range of 150–225 ◦C
and 5–60 min, respectively. The maximum increase in methane yield (62.9%) was achieved,
when pretreatment was conducted for 30 min at 175 ◦C. In contrast, substrate disintegration
at 200 and 225 ◦C revealed a decreasing trend, which was particularly pronounced with
increasing retention times. The authors explained this effect by means of dissolved lignin,
which was deposited on the surface of the straw particles during the cooling process. The
formation of the so-called pseudo-lignin resulted in a deterioration of the enzymatic acces-
sibility and thus the anaerobic degradability. Furthermore, formation of by-products from
lignocellulose that inhibit microbiological activity is suspected [12]. The most frequently
mentioned inhibitors are furfurals and 5-Hydroxymethylfurfural (5-HMF), whose influence
is assumed by the inhibition of cell growth, DNA damage and an enzymatic inhibition of
the glycolysis pathway [13,14].

Moreover, HTP processes are often associated with the formation of phenolic com-
pounds (e.g., vanillin or syringaldehyde), which originate from thermal lignin-degradation.
In contrast to furanic compounds, microbial cell damages are assumed to be changes in
membrane permeability, which are associated with the leakage of intracellular components
and the inactivation of essential enzymatic systems [14–17]. In order to minimize the risk
of microbiological inhibition, more attention was attributed to the AD of the solid phase
but studies dealing with the total slurry are still limited.

However, such an approach is associated with the loss of easily degradable organic
matter, such as monomeric sugars (e.g., glucose or xylose) or organic acids (e.g., acetic acid
or formic acid), which consequently leads to a loss in biogas and methane production.
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The present study examines the influence of different pretreatment temperatures and
retention times on the performance of AD in terms of BMP. The focus is on the anaerobic
conversion of the total slurry, which has been rarely investigated in previous studies.
Furthermore, the influence of the most important pretreatment parameters (temperature
and time) on the composition of processed water samples, with respect to easily degradable
components and potential inhibitors, is statistically examined and evaluated in more detail.
Such an approach represents an important aspect for determining the most appropriate
pretreatment parameters but, to our knowledge, has not yet been investigated. In addition,
reaction kinetics were analyzed by, among other things, an extended model structure that
has not been used in the context of HTP. The model provides information on the formation
and degradation of intermediates (such as sum VFA) and differs from the investigations of
most other authors [9,10,12].

2. Materials and Methods
2.1. Origin of Wheat Straw and Sample Preparation

Wheat straw was collected from a farm near Leipzig, Germany (51◦17′26.5” N 12◦46′09.7”
E) and chopped by a hammer mill “CHM 230” (Erich Netzsch GmbH & Co. KG, Selb,
Germany) to a particle size of 10 mm. A first visual assessment of the samples showed an
inhomogeneous distribution of fiber lengths. In order to minimize the influence of different
particle sizes, mechanically chopped wheat straw samples were further sieved using a vi-
brating sieve machine “AS control” (Retsch GmbH, Haan, Germany) at an amplitude setting
of 0.65 mm. Individual disintegration steps and BMP tests were carried out using the fiber
fractions that settled on the screen with a mesh size between 3.15 and 2.00 mm.

2.2. Hydrothermal Pretreatment and Process Conditions

The HTP was performed in a 500 mL stainless, batch reactor “BR 500” (Berghof
Products + Instruments GmbH, Eningen unter Achalm, Germany), which was heated with
a synthetic thermal oil at the desired temperature range (160–180 ◦C) with a heating rate of
2 K min−1 for 15, 30 or 45 min. The individual pretreatment conditions were based on a
partial factorial experimental design, which was created with “Design-Expert” (Version 12,
Stat-Ease Inc., Minneapolis, MN, USA) (Table 1).

Table 1. Pretreatment conditions for hydrothermal wheat straw disintegration based on 2k-factorial design.

Temperature [◦C] Retention Time [min]

15 30 45

160 HTP-160–15 HTP-160-45
170 HTP-170-30
180 HTP-180-15 HTP-180-45

To estimate the variability of the results and to increase the accuracy of estimation,
every pretreatment, with the exception of HTP-170-30, was conducted in duplicate. Hy-
drothermal process conditions according to HTP-170-30 represented the center point (CP)
and had to be performed six times to increase the information content of the design space
and estimate the repetition error.

In order to avoid combustion or coking reactions [18], a similar mass ratio of wheat
straw and tap water (1:17) was chosen, as shown in Tian et al. [19]. For each pretreatment,
25 g wheat straw (on fresh matter (FM) basis) was filled into the reactor and mixed with
424 g tap water.

Once preparation was completed, the sealed reactor was positioned in the heating
jacket and the process was initiated when target temperature was reached. After the
pretreatment time was obtained, the reactor stopped immediately, and samples were
automatically cooled down to a temperature of 30 ◦C.
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The reactor was opened on the next day after 24 h and the liquid phase of each batch
was separated from the solid phase by means of a stainless juice press and a commercially
available filter fleece (pore size < 100 µm). In order to achieve consistent separation results,
the juice press was attached to a laboratory scale and downforce was increased until the
scale displayed a mass of 300 kg. Considering the piston diameter of 11.5 cm, a pressure
of 2.83 × 105 Pa was applied for each separation. To cover the whole period from HTP
to the BMP tests, HTP factions (liquid and solid) were immediately stored in a freezer
(−20 ◦C) after masses of both fractions were determined. Furthermore, untreated wheat
straw samples were stored under identical conditions. Thus, potential effects of freezing or
thawing should be considered for all samples.

2.3. Biomethane Potential Test

BMP tests were performed using the Hohenheim Biogas Yield Test (HBT) according
to VDI 4630. The system consists of a continuously rotating drum (1.2 rpm), placed in an
incubator. The drum is loaded with syringes, each with a total volume of 100 mL [20]. The
experimental setup is shown in Figure 1. The liquid and solid phases of the hydrothermally
pretreated wheat straw samples were mixed and loaded to AD. For this purpose, syringes
were filled with 30 g FM of inoculum and sample material. The inoculum was taken from a
400 L laboratory scale reactor, that was fed with maize silage, shredded wheat, soybean
meal, rapeseed oil and digestate from biogas plants in Baden-Württemberg, Germany [19].
Here, both the inoculum to substrate ratio of 2.5 (g VS of substrate/g VS of inoculum)
as well as the mass ratio between separated solid and liquid phase were considered to
calculate the required amount of pretreated substrate materials. After completion of sample
preparation, the syringes were transferred to rotating drum and AD process was conducted
under mesophilic conditions (37 ◦C) for 35 days.

Figure 1. Experimental setup of Hohenheim Biogas Yield Test (HBT) with syringe (a) and rotational
drum (b) placed in the incubator [21,22].

Determination of methane content was based on dry gas measurement. For this pur-
pose, the biogas volume was first measured by manually reading the scale on the syringes
(Figure 1). As soon as measuring volume (20 mL) was reached, the valve was opened and
biogas passed through a flexible pipe (not shown) containing an adsorbent (“SICAPENT®”,
Merck, Darmstadt, Germany) for gas drying. The determination of methane concentration
was subsequently carried out by means of infrared-spectrometric methane sensor “Ad-
vanced Gasmitter” (Pronova Analysetechnik, Berlin, Germany) and cumulated methane
production of dry gas under standard conditions (273.15 K, 1013.25 hPa) was calculated
according to guideline given in VDI 4630 (2016) [23].

BMP tests of every HTP approach were performed in the context of a six-fold de-
termination. Moreover, two test series using cellulose and untreated wheat straw were
conducted as positive control and reference, respectively. A blank group without any
substrate addition was set to exclude biogas and methane produced by the inoculum in the
net volume calculation of the samples.
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2.4. Analytical Methods

The total and volatile solid content (TS and VS) of the solid and liquid fraction were
analyzed according to the standard methods given under DIN EN 15934 [24] and 15935 [25],
respectively. Moreover, the soluble chemical oxidation demand (COD), concentration of
organic acids and carbohydrates and the concentration of potential inhibitory compounds
(e.g., Furfural, 5-HMF, phenols) from liquid have also been determined.

The analysis of individual volatile fatty acids (VFA) was conducted according to
Schumacher et al. [26]. The determination of the COD for liquid samples was based on the
use of the cuvette quick test “LCK 014” (Hach Lange GmbH, Düsseldorf, Germany) and
the analysis was performed according to the manufacturer’s specifications.

The analysis of phenolic compounds was performed on a gas chromatograph with
mass spectrometry coupling (GC-MS) “Trace 1310-ISQ LT Single Quadropul Mass Spec-
trometer” (Thermo Fisher Scientific Inc., Waltham, MA, USA). The injection mode of the gas
chromatograph was split 10:1 and injection temperature was kept at 250 ◦C. For separation,
a “ZB-5HT-Inferno” column (30 m × 0.25 mm × 0.25 µm) (Phenomenex, Torrance, CA,
USA) and helium 5.0 with a flow rate of 1.2 mL min−1 were used as carrier gas. The column
was operating with two linear ramps at programmed temperature-mode as follows: heating
from an initial temperature (50 ◦C) with 5 ◦C min−1 till 225 ◦C; heating with 3 ◦C min−1

till 300 ◦C and hold for 5 min. The ionization took place by means of ionization module EI.
The temperature of the ion source was 250 ◦C and the MS transfer line was 310 ◦C. For the
determination of phenol compounds, 300 µL of an internal standard (4-tert-butylphenol
c = 117 mg L−1) and 400 µL toluene were added to 700 µL of the liquid aqueous sample
in a 2 mL vial and extracted by intensive mixing. After 20 min, the organic phase was
carefully transferred to a vial and analyzed by GC-MS.

The analysis of soluble sugars (C5-C6) and detection of furfural and 5-HMF were done
on a high performance liquid chromatograph (HPLC) using a “Security Guard Carbo Pb”
column (4 × 3.00 mm) (Phenomenex Torrance, CA, USA) for sample purification and a
second column “MetaCarb 87P” (300 mm × 7.8 mm) (Aligent Technologies, Inc., Santa
Clara, CA, USA) for separation with temperature setting at 75 ◦C. Ultra-pure water with an
injection volume of 15 µL and a flow rate of 0.35 mL min−1 was used as eluent for every
measurement where total run time was set at 80 min. The measurement of sugars (e.g., glu-
cose, xylose, arabinose, mannose, fructose) was performed using a refractive index detector
(RID) at a temperature of 40 ◦C. Depending on its concentrations, determination of furfural
and 5-HMF was performed in two different ways. For concentrations ≥ 200 mg L−1, the
RID detector was used, whereas lower concentrations required the use of a diode array
detector (DAD) measuring at 254 nm. For analysis, aqueous sample was centrifuged at
room temperature and 3900 rpm for 5 min. Then, the supernatant was transferred to a filter
vial (0.45 µm) and centrifuged at 10 ◦C and 10,000 rpm for 10 min. The supernatant was
diluted 1:10 with ultrapure water and analyzed by the HPLC.

2.5. Kinetic Modelling

Based on characteristic first-order reactions summarized by Brulé et al. [27], different
kinetic model structures were chosen to evaluate the effect of HTP on the anaerobic degra-
dation kinetics in BMP tests. Because hydrolysis is often considered to be the rate-limiting
step during AD of lignocellulosic biomass [28], data sets were analyzed by a simple first-
order reaction model (first-order one-step). Furthermore, an extended model (first-order
two-step) was used to evaluate the formation and degradation of additional intermediates
(such as sum of VFA). Cumulated methane production over time of both model structures
can be described according to Equations (1) and (2), respectively [29].

S (t) = Smax ×
(

1− e−k×t
)

(1)

S(t) = Smax ×
(

1 +

(
kH × e−kVFA∗t − kVFA × e−kH×t)

(kVFA − kH)

)
(2)
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where Smax (mL g−1 VS) is the maximum specific methane potential and k (d−1) represents
the first-order rate constant. Additionally, kH (d−1) is the first-order rate constant of
substrate degradation into intermediates (first step), whereas kVFA describes first-order
kinetics of VFA degradation into methane (second step).

Individual equations and related procedures for parameter estimation were imple-
mented in the software environment “Matlab” (The Mathworks, Inc., Natick, MA, USA).
The non-linear trust region reflective algorithm implemented in the lsqcurvefit function
was applied for constrained least-squares estimation of unknown model parameter [29,30].

2.6. Experimental Design and Statistical Analysis

For statistical analyses, a two level (2k) factorial design arrangement was used to
evaluate the effect of pretreatment temperature (X1) and retention time (X2) at two different
levels each one (160 and 180 ◦C and 15 and 45 min, respectively) in 14 runs were randomly
generated. The experimental data were analyzed by a linear model (Equation (3)) using
the commercial software environment “Design-Expert” (Version 12, Stat-Ease, Inc., USA).
The statistical significance of the regression terms was examined by analyses of variance
(ANOVA) for each response, according to Equation (3).

y = β0 + β1 × X1 + β2 × X2 + β12 × X1 × X2 (3)

where y is the variable response, X1 and X2 are the independent variables and β1, β2 and β12
represent the regression coefficients of the model. Moreover, a direct comparison between
untreated and pretreated wheat straw samples was carried out by the software “SPSS
statistics” (Version 20, IBM, Chicago, IL, USA). In order to determine whether there was a
significant difference between the BMP of untreated and pretreated samples, experimental
data were evaluated using a Welch’s ANOVA with a confidence level of 95%. If differences
existed, a post-hoc test according to Games–Howell (α = 0.05) was applied [31].

3. Results and Discussion
3.1. Effect of Hydrothermal Pretreatment on Process Water Composition

In order to evaluate the effect of pretreatment temperature and retention time on HTP
of wheat straw, process water samples were analyzed with respect to the concentration of
easily degradable components, such as monomeric sugars (glucose, xylose, arabinose) and
organic acids (acetic acid, formic acid), which may be beneficial for AD. Furthermore, the
influence of both pretreatment parameters on the content of potential inhibitors (mainly
phenolic and furanic compounds) was evaluated. Table 2 shows mean concentrations of the
most represented organic soluble fractions in the process water, depending on individual
pretreatment conditions.

Table 2. Content of soluble organic fractions in process water under different hydrothermal pretreat-
ment conditions considering acids, sugars and COD.

Experiment Acetic Acid a Formic Acid a Glucose a Xylose a Arabinose a COD a

[mg L−1l] [mg L−1] [mg L−1] [mg L−1] [mg L−1] [gO2 L−1]

HTP-160-15 627.4 ± 11.7 84.7 ± 1.2 132.5 ± 32.5 n. d. b 171.5 ± 29.5 8.6 ± 0.1
HTP-160-45 826.4 ± 22.8 113.9 ± 3.2 49.6 ± 6.6 n. d. b 343.0 ± 3.0 11.6 ± 0.1
HTP-170-30 1078.5 ± 17.6 161.3 ± 11.6 33.4 ± 7.7 n. d. b 372.6 ± 16.0 16.1 ± 0.8
HTP-180-15 1252.3 ± 20.9 210.4 ± 4.3 31.3 n. d. b 374.5 ± 12.5 18.6 ± 0.1
HTP-180-45 1626.8 ± 15.8 368.0 ± 3.2 41.3 ± 3.7 346.5 ± 7.5 543.0 ± 76.0 21.2 ± 0.3

a Data in table are exhibited in form of “Mean ± standard deviation”, b Component not detected (n. d.).

The highest acetic acid concentration (1626.8 mg L−1) was achieved at HTP-180-45,
which resulted in an increase of 159.3% compared to the lowest severe pretreatment con-
ditions given under HTP-160-15. Similar effects were observed for formic acid, where an
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increase in pretreatment temperature and/or time led to higher concentration of saturated
carbonic acid. Acetic acid represents degradation products formed by hydrolysis of acetyl
groups of hemicellulose, whose thermal decomposition usually starts at temperatures
above 150 ◦C [7]. Formic acid refers to a by-product whose formation is mainly due to the
thermal decomposition of furanic compounds (furfural and 5-HMF) and whose origin in
turn is the dehydration of pentoses and hexoses [32]. Thus, increasing acid concentrations
could indicate an accelerated hydrolysis of hemicelluloses depending on the pretreatment
conditions [12,33]. For monosaccharides, glucose, arabinose and xylose were the main
monosaccharides in the process water. Among them, an increase in concentration, de-
pending on pretreatment conditions, was especially observed for arabinose. The highest
concentration (543.0 mg L−1) related to the longest pretreatment time and highest tempera-
ture (180 ◦C, 45 min). These findings were in line with results from Ilanidis et al. [34], who
described an increasing trend when pretreating wheat straw within a temperature range
from 160 ◦C to 190 ◦C [34]. Here, the tendency of lower arabinose concentrations could be
attributed to a higher liquid-to-solid-ratio (LSR) during the HTP.

For example, Ilanidis et al. [34] (LSR = 7:1) found a concentration of 400 mg L−1

whereas the detected concentration in the present work (LSR = 17:1) was 171.5 mg L−1

despite the same pretreatment conditions (160 ◦C, 15 min) [34]. A similar trend was also
reported by Chen et al. [35], who published an increasing concentration of hemicellu-
lose derived arabinose with rising temperature up to 180 ◦C. More severe pretreatment
temperatures (e.g., 200 ◦C) led to a decrease, which indicated thermal degradation of
the monosaccharide compound [35]. In contrast, the results for glucose showed a down-
ward trend throughout the whole range of HTP severities. The highest concentration of
132.5 mg L−1 was attributed to the HTP-160-15, whereas rising temperatures or longer
pretreatment times led to a concentration of 41.3 mg L−1. Because thermal decomposition
of cellulose usually starts at a temperature above 200 ◦C [36,37], it was unlikely that glucose
was originated from the polysaccharide under comparatively mild pretreatment conditions.
According to similar results of Chen et al. [35], it was more likely that the monosaccharide
compounds, found in the process water samples, were probably hemicellulose derived
degradation products or β-glcucan [35,38].

Table 3 shows the resulting regression coefficients estimated by multiple linear regres-
sion. Individual coefficients are applied to identify the relative impact of influencing factors
(temperature and time) when changing the input variables by one level.

Table 3. Coefficients estimated by multiple linear regression of the physicochemical characterization
of process water samples of wheat straw considering acids, sugars and COD.

Fitted Model [2FI] Responses

Coefficients Acetic Acid Formic Acid Glucose Arabinose COD

Intercept 1081.76 * 179.88 * 53.26 * 370.14 * 15.49 *
X1 356.34 * 94.94 * −29.46 * 100.75 * 4.89 *
X2 143.37 * 46.69 * −16.11 85.00 * 1.41 *

X1X2 43.87 * 32.09 * 25.31 * −0.7500 −0.0850
R2 0.9979 0.9992 0.6679 0.8564 0.9632

p of F model <0.0001 * <0.0001 * 0.0155 * 0.0002 * <0.0001 *

X1: Temperature, X2: Time, X1X2: Interaction between temperature and time. * Indicates estimates of significant
parameters (p < 0.05).

It is interesting to notice that the pretreatment temperature showed a significant
influence (p < 0.05) on almost all output parameters, whereas the temporal influence was
discernible but could only be statistically proven in the case of organic acids, arabinose and
chemical oxygen demand (COD).

Based on estimated regression coefficients, it can be proven that changes in output
variables are primarily influenced by pretreatment temperature. As an example, in the
case of acetic acid, the effect of temperature (356.34) on its concentration was more than
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twice as high as the pretreatment time (143.37). Moreover, only a small but also signifi-
cant interaction between temperature and time has been observed for organic acids and
sugar compounds.

Besides organic acids, similar trends have been found for the number of potential
inhibitors, shown in Table 4. Although the influence of increasing pretreatment severity
was mainly reflected in the furfural concentration (368.3 ± 11.1 mg/L), an increase in
concentration was observed for almost all components. Because the reaction mechanisms
were not investigated in detail, the cause of the increase in furfural concentration can only
be suspected. In general, furfural is a reaction product formed by the thermal pentose
sugars (e.g., D-xylose or L-arabinose).

Table 4. Content of soluble organic fractions in process water under different hydrothermal pretreat-
ment conditions considering furanic and phenolic compounds.

Experiment Furfural a 5-HMF a Guaiacol a Syringol a Vanillin a Syringaldehyde a

[mg L−1] [mg L−1] [mg L−1] [mg L−1] [mg L−1] [mg L−1]

HTP-160-15 13.8 ± 2.0 n. d. b 2.6 ± 0.0 1.6 ± 0.0 8.6 ± 0.0 3.0 ± 0.0
HTP-160-45 41.2 ± 9.0 n. d. b 3.2 ± 0.2 2.0 ± 0.1 11.9 ± 0.0 4.2 ± 0.1
HTP-170-30 65.7 ± 5.7 n. d. b 3.5 ± 0.2 2.4 ± 0.1 15.2 ± 0.4 5.5 ± 0.2
HTP-180-15 88.1 ± 4.7 n. d. b 4.7 ± 1.2 3.3 ± 0.8 17.1 ± 0.1 6.3 ± 0.0
HTP-180-45 368.3 ± 11.1 12.6 ± 0.8 4.9 ± 0.3 4.5 ± 0.0 22.0 ± 1.2 9.1 ± 0.2

a Data in table are exhibited in form of “Mean ± standard deviation”, b Component not detected (n. d.).

As xylose could only be detected at most severe experimental conditions (HTP-180-45),
it is more likely that the amount of furfural under less severe conditions (HTP-160-15 to
HTP-180-15) could be attributed to the thermal decomposition of arabinose [34]. The larger
increase from HTP-180-15 to HTP-180-45 might be explained by the longer pretreatment
time, which had a comparatively smaller but nevertheless significant influence on the
furfural concentration (Table 5). Moreover, it is well known that the formation of acetic
acid, as a by-product, is capable of facilitating the dehydration of hemicellulose to pentose
sugars [34,39]. Because there was a sharp increase in acetic acid concentration between
these pretreatment conditions, the higher furfural concentration may also be attributed
to an acid catalyzed degradation effect. In comparison to furfural, only a minor amount
of 5-HMF (12.6 mg L−1), originated from the dehydration of hexose (e.g., glucose and
mannose), was detected in the liquid phase obtained at HTP 5. These findings were in line
with other authors [32,35], who also found minor amounts, especially at high temperatures
or time ranges.

Table 5. Coefficients estimated by multiple linear regression of the physicochemical characterization
of process water samples of wheat straw considering furanic and phenolic compounds.

Fitted Model (2FI) Responses

Coefficients Furfural Guaiacol Syringol Vanilin Syringaldehyde

Intercept 101.53 * 3.69 * 2.69 * 15.12 * 5.48 *

X1 100.35 * 0.9387 * 1.04 * 4.65 * 2.04 *
X2 76.93 * 0.1787 * 0.4075 * 2.07 * 1.01 *

X1X2 63.20 * −0.0937 0.1700 * 0.4000 0.4038 *
R2 0.9216 0.6480 0.8388 0.9708 0.9617

p of F model <0.0001 * <0.0123 <0.0003 <0.0001 <0.0001

X1: Temperature, X2: Time, X1X2: Interaction between temperature and time. * Indicates estimates of significant
parameters (p < 0.05).

The concentration of phenolics in total ranged from 3.18 to 40.42 mg L−1 and also
showed an upward trend with rising pretreatment severities. For each compound, a
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significant effect of both pretreatment time and temperature was found, with the latter
having a greater effect on the change in concentration (Table 5). Among these, vanillin and
syringaldehyde were the most represented fractions in process water. Both compounds are
typical by-products, whose origin can be explained by the depolymerization of guaiacyl
and syringyl units of lignin polymers [40].

3.2. Evaluation of Biochemical Methane Potential (BMP)

The influence of pretreatment temperature and time on the measured BMP was
examined based on a linear regression model (Equation (3)). The statistical analysis showed
very poor accuracy of fit, which was confirmed by most model-relevant parameters. The
F-value of 1.14 implied that the model was not significant relative to the noise. In addition,
the low adjusted R2 (0.0361) and negative predicted R2 (−0.7263) values also indicated
insignificance and the overall mean might be a better predictor for the BMP than the
current model.

Table 6 illustrates the different temperature and time combinations and the measured
BMP for untreated and pretreated wheat straw samples after 35 days. Moreover, both the
statistical results of the Games–Howell post-hoc test and the percentage changes due to the
pretreatment are shown.

Table 6. Finale methane yields of untreated and hydrothermally pretreated (HTP) wheat straw
samples, including increase in BMP, significance (Games–Howell post-hoc) and confidence level
of 95%.

Experiment BMP
Confidence Level of 95%

Increase Significance Downer Limit Upper Limit

[mL g−1 VS] [%] [-] [-] [-]

Untreated 261 ± 15 - - - -
HTP-160-15 302 * ± 17 16 0.013 −79.40 −7.64
HTP-160-45 310 * ± 14 19 0.004 −72.50 −12.72
HTP-170-30 299 * ± 14 15 0.002 −74.96 −18.56
HTP-180-15 298 * ± 9 14 0.013 −66.95 −6.94
HTP-180-45 289 * ± 9 11 0.043 −58.40 −0.80

* Indicates significant differences (p < 0.05) in BMP between untreated and pretreated wheat straw samples
(confidence level 95%).

AD of untreated wheat straw resulted in a specific BMP of 261 mL g−1 VS, which was
in approximate agreement with the investigation of Ferreira et al. [41]. Other publications
report specific methane yields ranging from 125 to 276 mL g−1 VS [10,12,42]. The difference
in yield can be attributed to sample fractionation (mesh size 2 mm) prior to AD. An increase
in biogas yield can usually be observed with decreasing fiber or particle size due to the
larger surface and improved microbial accessibility [43,44]. The statistical evaluation of
the BMP, using Games–Howell post hoc test, revealed a significant difference (p < 0.05)
between the untreated sample and every single temperature–time combination. However,
there were no significant differences between the individual parameter combinations (HTP-
160-15–HTP-180-45).

Thus, an upward trend was observed especially under mild pretreatment conditions,
where the highest increase (19%) in BMP was attributed to the parameter combination
HTP-160-45.

In contrast, more intense conditions (HTP-170-30, HTP-180-15, HTP-180-45) seemed
to result in a decline in methane production. A decreasing BMP is often attributed to the
formation of inhibitory substances [12]. However, based on low concentrations (Table 4),
inhibition of furfural, 5-HMF or phenolic compounds can probably be ruled out in the
current experimental findings.

Sugar derived degradation products, especially furfural at low concentrations (1 g L−1),
was often found to have a beneficial effect on the biogas process [40,45]. However, an
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inhibitory effect of methanogenic microorganisms due to furfural or 5-HMF had been ob-
served only at higher concentrations (2 g L−1) [46]. Regarding lignin-derived degradations
products, an inhibition due phenolic compounds can occur even at low thresholds [47].
Nevertheless, recent literature reports anaerobic degradation or adaption to a certain
degree [40,48,49].

Barakat et al. [40] added degradation products such vanillin and syringaldehyde at
concentrations of 1 g L−1 to AD of C5-sugar and found no reduction in final BMP. Chapleur
et al. [48] investigated the influence of different phenol concentrations on AD of cellulose,
whereby inhibitory effects only occurred at maximum values of 1.5 g L−1 and 2.0 g L−1,
respectively. Wirth [49] found an adaption of anaerobic microbial community and complete
degradation by using phenol (2 g L−1) as the sole carbon source. A complete inhibition
was only detected at a concentration of 5 g L−1.

3.3. Evaluation of Kinetic Parameters

In order to evaluate the influence of HTP on anaerobic degradation kinetics, two
different model structures based on first-order reactions (one- and two-step) were applied
to depict experimental data. Figure 2 shows the progression of individual measurements
and both model results of cumulative methane production in individual BMP tests.

Figure 2. Cont.
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Figure 2. First order model fits illustrated by experimental data (black points) and predicted values
by the first-order model (black line) and the first-order two-step model (red line) for untreated
wheat straw (a) and hydrothermally pretreated wheat straw samples (b) HTP-160-15; (c) HTP-160-45;
(d) HTP-170-30; (e) HTP-180-15; (f) HTP-180-45.

It can be observed that both models were capable of predicting the experimental
measurements with high precision. Furthermore, determination coefficients (R2) of 0.98
and 1.00 indicate that the first-order one-step (Model A) and the first-order two-step model
(Model B) were able to explain between 98% and 100% of the observed data, respectively.

Based on the single first-order rate constant of Model A (Table 7), it can clearly be
observed that HTP had a positive effect on the hydrolysis rate. With increasing pretreatment
severity, an increase in the first-order rate constant was observed, which could be explained
by an increasing release of organic content and the improvement of substrate accessibility
due to an increase in pretreatment severity.

Table 7. Results of kinetic parameter determination.

Model A Model B

Experiment Smax k R2 Smax kH kVFA R2

[mL g−1 VS] [d−1] [-] [mL g−1 VS] [d−1] [d−1] [-]

Untreated 279 ± 10.27 0.08 ± 0.01 0.99 266 ± 11.43 0.10 ± 0.01 1.02 ± 0.23 1.00
HTP-160-15 324 ± 31.13 0.10 ± 0.00 0.98 306 ± 27.30 0.15 ± 0.02 0.65 ± 0.23 1.00
HTP-160-45 317 ± 12.90 0.11 ± 0.00 0.98 301 ± 13.84 0.17 ± 0.01 0.62 ± 0.07 1.00
HTP-170-30 318 ± 22.68 0.12 ± 0.00 0.98 300 ± 19.50 0.23 ± 0.04 0.49 ± 0.10 1.00
HTP-180-15 311 ± 24.01 0.13 ± 0.01 0.98 293 ± 19.98 0.29 ± 0.03 0.39 ± 0.07 1.00
HTP-180-45 308 ± 16.49 0.13 ± 0.00 0.97 291 ± 15.80 0.32 ± 0.01 0.32 ± 0.01 1.00

The highest values were assigned to the highest temperature (180 ◦C), which seems to
be a typical observation, especially for the considered temperature range [12,41]. Because
the degradation constant of untreated wheat straw was comparably low (k = 0.08 d−1),
its increase may also indicate that HTP helps to facilitate the rate limiting step of the
biogas process.

The positive effect of substrate disintegration on degradation kinetics is partly reflected
in Model B. In the first stage, an increase in the degradation constant (kH) was also observed,
which indicates a faster formation of intermediates and consequently an acceleration in
hydrolysis. In contrast, the second stage shows a deterioration in the degradation kinetics.
As shown in Table 7, kVFA decreases from 0.65 d−1 to 0.32 d−1, when pretreatment severity
increases from HTP-160-15 to HTP-180-45. A decreasing trend of kVFA indicates a slowed
degradation of intermediates (e.g., VFA) originated from the first step and consequently a
negative influence on methane formation. This observation is supported by declining BMP
predicted by the model.

113



Processes 2022, 10, 1048

Because Model B is not widely used in the context of substrate disintegration, a direct
comparison with other sources is rather difficult. Most authors refer to the modified
Gompertz model, in which negative effects on methane or biogas formation due to more
severe pretreatment conditions are often shown by prolonging lag phases or reduction in
the maximum biogas production rates [10,12,50,51]. As already mentioned in Section 3.2,
the low concentrations of the most commonly known compounds (Table 4) did not suggest
an inhibitory effect on microbiology. Thus, no clear lag phase was observed in the current
experiments and the application of the modified Gompertz model does not yield additional
information [29].

However, the negative effect on degradation kinetics and/or methane production may
strongly be affected by the source and adaptability of the applied inoculum. For example,
in direct comparison of two different inocula, anaerobically digested waste activated sludge
(ADWAS) and anaerobically digested cattle manure (ADCM), Phuttaro et al. [52] found
significantly better biodegradability of hydrothermally pretreated Napier grass (200 ◦C,
15 min) by ADWAS, suggesting that ADCM was more sensitive to inhibitory compounds.
Because the ADWAS inoculum was frequently exposed to toxic substances (e.g., household
chemicals), the authors suspected a better adaption of the microbial consortium to inhibitory
compounds [46,52–54].

As the inoculum used in our study was taken from a 400 L laboratory reactor, only
fed with maize silage, shredded wheat, soybean meal, rapeseed oil and digestate from
biogas plants, the slowed degradation kinetic (kVFA) as well as the decreasing BMP might
be explained by an insufficient adaption to furanic and phenolic compounds.

Furthermore, it is well known that hydrothermal pretreatment may lead to reactions
between proteins and carbohydrates, which starts to occur at temperatures higher than
150 ◦C or longer pretreatment times [55]. The so-called Maillard reaction—often indicated
by a light to dark brown substrate discoloration—is accompanied by the formation of
melanoidines which are less biodegradable due to their complex structure [55,56]. A lesser
biodegradability in turn means lower biogas production, which also could explain the
decrease in specific BMP (Table 6). In addition, a few studies revealed a negative effect
on acidogenesis [56] which resulted in a delayed production of VFA and consequently a
reduced BMP [57]. Wang et al. [57] suspected a certain degree of toxicity and a competitive
effect for electrons within the microbiological community [57]. With regard to the results
illustrated in Figure 3, the darkening of the wheat straw samples clearly increases with
increasing pretreatment intensity from HTP-160-15 to HTP-180-45.

Figure 3. Cont.
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Figure 3. Photographs of untreated wheat straw (a) and hydrothermally pretreated wheat straw
samples with different pretreatment severity (b) HTP-160-15; (c) HTP-160-45; (d) HTP-170-30; (e) HTP-
180-15; (f) HTP-180-45.

An increasing change in color from light to dark brown may indicate an increasing
concentration of maillard products (melanoidines), which could explain the decreasing
trend in substrate degradation (kVFA), as illustrated by first-order two-step kinetic model.

According to the two different model approaches, all pretreatment conditions led
to an increase in degradation constants (k, kH), indicating that hydrothermal substrate
disintegration was capable of accelerating hydrolysis as a rate-limiting step and that it helps
to overcome the recalcitrant structure of lignocellulosic biogas substrates (such as wheat
straw). However, more severe pretreatment conditions seem to have a negative impact on
the degradation kinetics of consecutive process phases (kVFA). Thus, higher temperatures
(>180 ◦C) and longer pretreatment times should be avoided.

4. Conclusions and Outlook

In this study, the effect of HTP on the digestibility of wheat straw was investigated.
The results showed that the solubilization of organic matter was a consequence of both
pretreatment parameters (temperature and time), where the effect was primary influenced
by temperature.

Here, the effect was primarily manifested by an increasing concentration of VFA (e.g.,
acetic and formic acid) and individual monosaccharides (e.g., arabinose) indicating that
HTP was capable of accelerating hydrolysis of hemicellulose, depending on its pretreatment
intensity. Furthermore, an increase in furanic and phenolic compounds (e.g., furfural,
vanillin, syringaldehyde) was observed, but an inhibitory effect was not to be assumed due
to comparatively low concentrations.

Taking the BMP results into account, a significant increase in specific BMP was found
for all parameter combinations compared to untreated wheat straw, with the highest
increase of 16 to 19% at the pretreatment temperature of 160 ◦C, where the optimum
appeared after 45 min. Moreover, first-order models showed that HTP at all conditions
increased the degradation rate, indicating that the disintegrations method helps to facilitate
the rate-limiting step of the biogas process. However, because the first-order two-step
model revealed a negative influence on consecutive conversion steps (AD of VFA), as
indicated by a decreasing rate constant of the second step (kVFA), more severe pretreatment
conditions—temperatures (>180 ◦C) and longer pretreatment times (>45 min)—should
be avoided.

A specific application aspect of HTP might be the ReBi (ReBi—dispatchable biogas
plant) configuration [58] for dynamic biogas production and demand-oriented electricity
provision [58,59]. The ReBi configuration is based on a multistage system, where hydrolysis
and acidogenesis as well as acetogenesis and methanogenesis proceed in two separated
steps. The effluent formed in the first stage is separated into a liquid and solid fraction
by a screw press. The solid fraction is fed into a conventional stirred tank reactor (CSTR),
whereas the liquid fraction, containing rapidly degradable substrates, is stored in a tank
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and fed to a fixed-bed reactor for demand-oriented biogas production [58]. To cover time-
dependent biogas demand, rapidly degradable substrates with high BMP and suitable
reactors systems are required [59,60]. For a specific application in the ReBi concept, the
HTP-reactor might replace the first step. Thus, process water, with its high content of easily
digestible organics, might be used to feed a fixed-bed reactor, whereas the fermentation of
hydrothermally pretreated wheat straw occurs in a conventional stirred tank reactor.

However, because BMP results only serve a first assessment of substrate digestibility,
further research should focus on the AD of hydrothermally pretreated wheat straw under
continuous conditions. This allows a long-term evaluation of the effects of substrate
disintegration and an assessment of its feasibility in practical applications. In addition,
such test procedures can be used to determine the optimal conditions, such as the organic
loading rate or the hydraulic retention time, in the biogas process. Furthermore, a techno-
economic assessment of the lab-scale results is mandatory to evaluate the applicability of
hydrothermal substrate disintegration under full-scale conditions [61,62].
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Abstract: Anaerobic digestion (AD) of sewage sludge can be optimised by adding trade wastes (TWs)
because of their nutrient content and boost in biogas formation if non-inhibitory. However, some
components in TWs might have an inhibitory impact, such as nitrogen compounds, sulphate, heavy
metals, metalloids, halogens and organic pollutants (e.g., phenol). This study aimed to understand the
impact of TWs on the co-digestion with sewage sludge to identify appropriate TW loads for sustain-
able AD operation. The composition of 160 TWs was evaluated and the constituents with potential
to cause inhibition or toxicity were tested in bio-methane potential (BMP) tests. The compounds
studied in BMP tests included ammonia, zinc, copper, aluminium, mercury, arsenic, chloride, sulphate
and nitrate. An improvement was observed at concentrations 2–746 mg Zn/L, 1066–2821 mg Cl/L
as zinc sulphate and sodium chloride in biogas production, and 2–746 mg Zn/L, 162 mg SO4/L,
25 mg Hg/L as zinc sulphate, sodium chloride and mercury sulphate in methane production, respec-
tively. Considering the TWs characterised and the results of the BMP tests, a volumetric ratio of
10/90 of TWs and sewage sludge is proposed as a suitable feedstock for co-digestion.

Keywords: inhibition; salts; counter-ions; biogas; kinetics; methane

1. Introduction

Sewage sludge is widely recognised as a valuable resource because of its potential
to generate renewable energy and organic fertiliser when treated by anaerobic digestion
(AD), with additional benefits of reducing its pathogen content, odour nuisance and
volumes [1,2]. Despite these benefits, only 30 to 50% of dry organic solids from sewage
sludge are converted to methane during AD, which affects the efficiency of the process and
its economic profitability [3]. Optimum biogas production from sewage sludge digestion
is also frequently limited by the organic loading rate (OLR) at which sludge digesters are
operated (1.6 to 4.8 kg VSS/m3/d), with OLR generally limited by the risk of accumulating
inhibitors such as free ammonia or fatty acids [4]. Furthermore, the carbon-to-nitrogen
ratio associated with sewage sludge digestion is typically low, between 6 to 16, compared
to the optimum values of 20 to 30 [5], and there is frequently a deficiency of heavy metals
that act as micronutrients [6]. Anaerobic co-digestion (Aco-D) can be used to solve these
bottlenecks and increase process efficiency.

Aco-D consists of treating several substrates in the same digester to achieve a syner-
gistic benefit that balances their disadvantages and maximises process yield. A range of
substrates has been used to increase the performance of sewage sludge AD; for example,
organic fraction of municipal solid waste (OFMSW) [7], grass [2], fats, oils and greases
(FOG) [5], food waste [6], manure [8] and trade wastes (TWs). TWs typically contain nutri-
ents favourable for the AD process, but also high levels of toxic constituents and insufficient
buffer capacity to be digested as single substrates [3]. Co-digestion of sewage sludge and
TWs has often been considered to digest organic wastes that could not be treated alone.
To illustrate, Hagelqvist [9] co-digested 50% volatile solids (VS) of paper-mill sludge, a
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substrate with low biodegradability, and 50% VS of sewage sludge. This resulted in an
enhancement of the methane yield from 53 mL/g VS for paper-mill sludge mono-digestion
up to 84 mL/g VS and an improvement of VS degradation from 5 to more than 10% [9].

Previous studies have highlighted the benefit of biogas production of sewage sludge
Aco-D with industrial wastewaters. Berenjkar et al. recorded that the use of 10% volume of
landfill leachate as co-digestate with sewage sludge increased methane production from
0.75 to 1.01 CH4 m3/kg VS [1]. The addition of 50% weight of petrochemical effluent to
sludge improved bio-methane production by 18–32% [10]. In another study, 5% v/v of olive
mill wastewater, cheese whey and glycerol addition to sewage sludge increased biogas
production by up to 220%, 350% and 86%, respectively [3].

Although the performance benefits of co-digesting TWs with sewage sludge have been
widely reported, careful consideration of TW loads is paramount as the AD process can
be inhibited by the high concentrations of inhibitors expected in TWs (see Supplementary
Materials Table S1). To illustrate, TWs from food processing industries can contain up
to 3800 mg/L of total Kjeldahl nitrogen (TKN), which could degrade to total ammonia
nitrogen (TAN) in the digester [11]. Other TWs, such as coal-gasification wastewater,
can contain 3000 to 9000 mg/L of TAN, resulting in potential AD inhibition [12]. Free
ammonia nitrogen (FAN) in crab industry wastewater was 50% inhibitory to methane
production when it reached values of 85 mg/L in a toxicity test [13]. Other nitrogen
compounds that could affect AD stability are nitrate (NO3) and cyanide (CN), which
have been found at levels potentially inhibitory for AD in TWs from pectin factories,
cellophane and explosives production, metal finishing, fertiliser and distilleries [14,15]
and from the casava industry [16], among others. Sulphate (SO4) can also be found in
TWs from the chemical and saline food industries and it has been reported to generate
competition between the sulphate reducing microorganisms and methanogens [17,18].
Moreover, these sulphate reducing organisms transform sulphate to sulphide, which in the
form of hydrogen sulphide gas is known to inhibit AD processes [17]. Heavy metals, which
are commonly found in TWs, have a positive effect as nutrients for the microorganisms and
a negative effect over a certain level [4]. Some examples of metals in TWs are iron (Fe), zinc
(Zn), cadmium (Cd), nickel (Ni), chromium (Cr), copper (Cu), mercury (Hg), aluminium
(Al), lead (Pb), arsenic (As) and selenium (Se). Halogens can also be inhibitory to AD, such
as fluorine (F) and chloride (Cl); organic pollutants common in chemical industries, such as
phenol, could also pose a risk of inhibition (see Supplementary Materials Table S1).

Previous studies on Aco-D of TWs and sludge only covered one specific type of TWs
at a time. This is useful for the producer industry, but not for waste collection companies
such as water utilities receiving hundreds of types of TWs daily. In the UK, water utilities
are currently only allowed to treat these wastes with the municipal wastewater in the main
treatment train, but there is potential to use some of the TWs received by direct addition
into the AD process, potentially increasing renewable energy generation. There is then
a necessity for a more systematic and holistic approach to control the addition of those
TWs and avoid any inhibitory events; therefore, it is critical to understand the impact that
TWs’ characteristics have on the AD of sewage sludge. A significant number of studies are
available in the literature on inhibitory constituents for AD that are commonly found in
TWs (see Supplementary Materials Table S1). However, these studies use different reactor
types and experimental conditions, including inoculum, feed and temperature, making it
difficult to compare the results obtained and draw general conclusions.

The aim of this study was then to understand the beneficial and inhibitory effect
of key components of TWs on the AD process during co-digestion with sewage sludge.
The associated objectives were to identify the key constituents of TWs that might affect
AD, determine their impact in Aco-D with sewage sludge, and establish the loads of
each constituent that can be added to sludge digesters without hindering methane and
biogas production. Through characterisation of 160 real TWs commonly sent to wastewater
treatment sites and evaluation of the impact that typical TWs constituents have on bio-
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methane potential (BMP) tests, this work addresses the gaps in knowledge identified above
and provides insights into selection of TWs for Aco-D with sludge.

2. Materials and Methods
2.1. Feedstock and Inoculum

The sewage sludge used as a substrate for the AD trials consisted of a mixture of
primary sludge and secondary waste activated sludge from two wastewater treatment
plants in the West Midlands, England. The inoculum was the digestate from the same sites.
The substrate and inoculum were stored at 4 ◦C on the day of sampling and were allowed
to reach room temperature for 24 h before the start of the experiments. The average organic
content in the feed was about 50 g COD/L with 34% being soluble (Table 1). Storage
at 4 ◦C was chosen to temporarily suppress biological activity and hence avoid organic
matter degradation until AD trials were started, as it has previously been reported to keep
methanogenic activity close to that of fresh inoculums [19].

Table 1. Characteristics of the feed and inoculum used for the BMP experiments.

Feed Inoculum

pH 6.9 ± 0.7 7.5 ± 0.4
COD total (mg COD/L) 49,657 ± 16,717 17,125 ± 6029

COD soluble (mg COD/L) 6346 ± 4438 480 ± 266
TAN (mg-N/L) 1376 ± 1216 825 ± 415
FAN (mg-N/L) 17 ± 36 44 ± 50

Total alkalinity (mg CaCO3/L) 2785 ± 989 5389 ± 1699
Partial alkalinity (mg CaCO3/L) 199 ± 165 3611 ± 754

Intermediate alkalinity (mg CaCO3/L) 2105 ± 814 1504 ± 949
Total solids (TS) (% over sample) 4.4 ± 1.3 2.4 ± 0.7

TS (g/kg over sample) 44 ± 13 24 ± 7
VS (% over TS) 77.5 ± 2.4 64.89 ± 2.2

VS (g/kg over TS) 775 ± 24 648.9 ± 22
Cl (mg/L) 441 ± 375 179 ± 229

NO3 (mg/L) 134 ± 230 4 ± 6
SO4 (mg/L) 49 ± 47 4 ± 8
Na (mg/L) 2337 ± 3415 1119 ± 1345
Al (mg/L) 9 ± 16 3 ± 4
Cu (mg/L) 2 ± 5 4 ± 5
Zn (mg/L) 31 ± 60 8 ± 6
As (mg/L) 0.3 ± 0.6 0.1 ± 0.1
Hg (mg/L) 1.1 ± 1.7 0.3 ± 0.5

2.2. Trade Wastes Data Analysis

A dataset containing the characterisation of TWs that were requested to be treated
in a treatment plant between 2010 and 2017 was obtained from a water utility. A total
of 1122 TWs were included, with a highly variable composition observed for individual
TWs. In order to account for variability in their composition, only those with a minimum
of 5 samples characterised in the dataset were selected for this study to provide some
insight on it. This resulted in a total of 160 TWs characterised for 25 parameters: pH,
chemical oxygen demand (COD), suspended solids, ammonia, chromium, copper, lead,
nickel, zinc, sulphate, phenol, cyanide, fluoride, sulphide, chloride, silver, arsenic, mercury,
iron, aluminium, cadmium, antimony, bromide, nitrate and nitrite. These parameters were
selected based on previous experience to represent the typical pollutants found on the type
of TWs analysed. The average values for each parameter of each TW were used to evaluate
and categorise TWs.

2.3. Batch Tests

BMP tests were used to understand the impact of TW addition in sewage sludge
AD. To elucidate the impact of individual constituents of TWs, reactors were spiked with
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targeted chemicals informed by the dataset characterisation, as opposed to real TWs where
multiple inhibitory components can be present simultaneously. The BMP tests were carried
out in 125 mL serum glass bottles consisting of a blank with only inoculum, a control
with inoculum and sewage sludge as feed; and test reactors containing inoculum and
a feedstock mixture of 90% sewage sludge on mass basis and 10% of a solution spiked
with a compound of interest. All the control and test digesters were operated with an
inoculum to feedstock VS ratio of 1:1, assuming the compound of interest added no VS.
The constituents studied included ammonia, zinc, copper, aluminium, mercury, arsenic,
chloride, sulphate and nitrate, which were added using salts (Table 2). Ammonia, zinc,
copper and aluminium were studied using both chloride and sulphate salts to understand
the effect of the counter-ion dosed. The pH change resulting from aluminium salts dosing
was further studied by controlling the pH with sodium hydroxide (NaOH) and through the
evaluation of the impact of pH alone by reducing it with hydrochloric acid (HCl). Arsenic,
chloride, sulphate and nitrate were all used with sodium as counter-ions, assumed to be
inert (Table 2). The impact of each constituent was assessed by testing for at least 5 different
concentrations and each reactor was operated in triplicates. The total concentration of
each studied constituent is reported as the background concentration in the control of the
experiment plus the concentration added with the salt. The temperature of the reactors was
kept at 38 ◦C using water baths and incubators with continuous shaking. The tests were
ended when the daily biogas production variation was less than 1% [7,20], with the tests
lasting between 32 and 92 days.

Table 2. Salts added to the biological methane potential tests.

Parameter Studied Chemical Added

Ammonia
Ammonium chloride
Ammonium sulphate

Zinc
Zinc chloride
Zinc sulphate

Copper Copper chloride
Copper sulphate

Aluminium
Aluminium chloride
Aluminium sulphate

Aluminium sulphate + NaOH

pH HCl

Mercury Mercury sulphate

Arsenic Sodium arsenate

Chloride Sodium chloride

Sulphate Sodium sulphate

Nitrate Sodium nitrate

The BMP experiments were carried out over a year; therefore, some seasonality was
observed in the characteristics of the sewage sludge used as feedstock and inoculum
(Table 1). Performance of all test reactors was normalised to their respective blanks to
compensate for those variations and allow relevant comparison of the results obtained.

Biogas (YBg, mL/g) and methane (YM, mL/g) yields were calculated from their accu-
mulated production in mL (AccVS) subtracted by the accumulated biogas production from
the blank in mL (AccVB) and normalising over the mass of VS from sewage sludge fed to
the reactor (g VSf). Yield ratio (Yi/Yc) was calculated dividing the sample yield over the
control (Equations (1) and (2)).

YiBg/YcBg =
AccVS − AccVB

g VSf
/YC (1)
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YiM/YcM =
AccVS − AccVB

g VSf
/YC (2)

Biogas production kinetics were estimated using first-order kinetics and Gompertz
modified models [7], as represented by Equations (3) and (4), respectively.

1st order kinetics P(t) = Pmax·
(

1 − e(−kh·t)
)

(3)

Gompertz modified model P(t) = Pmax·e(−e
(

Rm ·(λ − t)
Pmax

+1)
) (4)

where P(t) is the production of biogas at time t (d); Pmax is the maximum biogas production
or biogas yield (mL biogas/g VS); kh is the hydrolysis constant (d−1); Rm is the specific rate
constant (mL biogas/g VS/d); λ is the lag phase time constant (d).

The differences between both models and the real data were calculated using nor-
malised root mean square error (RMSEn) and r2 (Equations (5) and (6)) [21].

RMSEn =

(
1
n

n

∑
i=1

(
Xi − Yi

Yi

)2
)1/2

(5)

r2 =


 m(∑n

i=1 XiYi) − (∑n
i=1 Xi)(∑n

i=1 Yi)([
m(∑n

i=1 Xi
2)− (∑n

i=1 Xi)
2
][

m(∑n
i=1 Yi

2)− (∑n
i=1 Yi)

2
])1/2




2

(6)

where Xi is the predicted value of biogas (mL biogas/g VS), and Yi is the measured value
of biogas (mL biogas/g VS).

The impact of each salt and its concentration tested on biogas and methane yield
and formation kinetics was classified as beneficial, non-effect, inhibitory and/or toxic.
Beneficial was defined as the samples that had a biogas or methane yield above the value of
the control sample [22]. Non-effect samples had values close to the control [23]. Inhibition
was divided into two types, which were yield inhibition if there was a reduction on the
maximum yield of biogas or methane [24] and kinetic inhibition if a condition resulted in a
lag phase [25]. Toxic refers to samples that had less biogas production than the blank and
hence resulted in negative yields achieving complete inhibition [23].

2.4. Analytical Methods

Sludge samples were analysed before and after the BMP tests. Alkalinity, TS and
VS were measured using standard methods [20,26]. The measurement of pH was carried
out with a Mettler Toledo MA235 pH/ion analyser and a portable Hanna HI 991003 pH
meter. Total and soluble COD, TAN and total nitrogen (TN) were analysed using cell test
kits from Millipore (VWR, UK) and a spectrometer Spectroquant NOVA 60 from the same
company. Samples for analyses of soluble COD, TAN, volatile fatty acid (VFA), ions and
metals were obtained after centrifuging at 5000 rpm for 8 h and filtering the supernatant
through 0.45 µm Millipore syringe filters. FAN was calculated from the TAN concentration
and pH value using Equation (7) [27].

[FAN] =
[TAN]

1+ 10−pH

Ka

(7)

where [FAN] is the FAN concentration (mg/L), [TAN] is TAN concentration (mg/L) and
Ka is the dissociation constant with a value of 1.29 × 10−9 for 37 ◦C [27].

A Shimadzu prominence high-performance liquid chromatographer (HPLC) was used
to analyse VFA with a similar methodology as [26]. A Dionex ICS-1600 ion chromatographer
(IC) was used for the determination of nitrate, nitrite, sulphate, phosphate, fluoride, chloride
and bromide with a mobile phase of 9 mM sodium carbonate and an AS 9HC column.
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Finally, a NexION 350D inductively coupled plasma (ICP) mass spectrometer was used
to measure cations (calcium, magnesium, potassium, sodium, manganese, zinc, cobalt,
molybdenum, nickel, copper, iron, selenium, chromium and tungsten, lithium, aluminium,
silica, titanium, arsenic, cadmium, lead, mercury and antinomy). ICP samples were
acidified with 100 µL of >68% nitric acid in 10 mL of diluted soluble sample.

Gas samples were characterised for biogas and methane. Biogas was measured using
a 1 M hydrochloric acid trap with an inverted cylinder to measure liquid displacement.
The biogas was collected in a 10 mL syringe from the measuring cylinder after filtering it
through a 0.45 µm Millipore syringe filter to avoid humidity intrusion for methane analysis
with a Servomex 1440 gas analyser (Surrey, UK).

2.5. Trade Wastes Load Calculation

The last part of the study aimed to establish the loads of each TW that could be
positively co-digested in sewage sludge ADs. To estimate the impact that TWs could have
on the Aco-D process, the characterisation data of TWs previously analysed was compared
against the different effect ranges for individual constituents found in the BMP tests. For
some of the ions of interest, two counter-ions (salts) were studied. The range selected
when two ranges were obtained in BMP tests was the one that showed higher inhibition,
to account for the worst-case scenario. Scenarios corresponding to TWs/sewage sludge
volume ratios of 0/100, 10/90, 30/70, 50/50, 70/30, 90/10 and 100/0 were considered
to calculate the total concentration of the ions of interest in the digester. The percentage
of the 160 TWs investigated that constituted an inhibitory risk for those scenarios was
then calculated.

2.6. Statistics

ANOVA analysis was applied to determine if observed differences were statistically
significant. ANOVA uses the F-test to analyse the similarity between groups by comparing
the variances between the groups. The similarity between control and test reactors occurred
when the F-value (F) was below the F-critical value (Fcrit). In contrast, when F was above
Fcrit, the control and test had statistically different yields (see Supplementary Materials
Table S2).

3. Results and Discussion
3.1. Trade Wastes Characterisation

The most common categorisation of TWs is by their source [28]. In the current research,
data were divided into landfill leachates, glycol/alcohol/beverage industry, food industry,
chemical industry, oil-containing waste, soap-containing wastes, sludge and other (Figure 1).
Landfill leachates and sludges are not actual industrial wastewaters but, as they are often
tankered to water utilities for treatment in the same way as TWs, they were considered as
TWs in this work. There was a great variation of COD in the glycol, beverage and alcohol,
food and chemical groups with values as high as 700 g/L of COD down to 1 g/L of COD
(Figure 1). These three groups were the most predominant ones after landfill leachate with
20 to 30 different TWs from a total of 160 TWs evaluated. Oily and soapy wastewaters
that did not fit in the other sections showed a lower variation from 400 to 1 g/L of COD
(Figure 1). The lowest variation and the lowest maximum COD level were observed in
the groups of landfill leachate, sludge and other TWs that were below 100 g/L of COD
(Figure 1). Only landfill leachates could be distinguished with a direct correlation when
plotting COD and TAN concentrations against each other (Figure 2). Hence, grouping the
TWs by source type did not show any correlation with the characteristics of those TWs,
due to the variability in their characteristics within each group. It was therefore decided to
evaluate the TWs based on their composition.
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Figure 1. TWs divided by the type of industry where they were generated with their typical COD content.
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Figure 2. COD versus ammonia concentrations of TWs grouped by their source.

According to previous practice on the full-scale site where the TWs dataset was
obtained, the TWs were first divided based on their COD content. Low-strength TWs
with a COD below 50 g/L were typically fed at the head of wastewater treatment plants,
undertaking full treatment and serving as an additional carbon source in biological nutrient
removal (BNR) processes [14]. TWs with a COD between 50 and 250 g/L could go directly
to the AD, and high-strength wastes with COD above 250 g/L would go to a high-strength
tank (HST) from where they were dosed slowly into the AD. The TWs divided into those
groups were then further categorised according to concentrations of all parameters available
and compared to inhibitory values reported in the literature (Figure 3). TWs showed high
variability in all the compounds and elements considered. The group that was most
constant in its composition was the TWs that would go to the HST, for which COD ranged
between 600 and 750 g/L (Figure 3). This type of TWs was found to have lower chloride,
ammonia, phenol and aluminium levels than the lowest inhibitory values to AD reported
in the literature (see Supplementary Materials Table S1). For the wastes that would be
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directly dosed into the AD, several were found to be above the lowest inhibitory value
for all constituents evaluated, demonstrating a risk for the digestion process. The highest
concentrations observed for chloride, ammonia, phenol, aluminium, nitrate, zinc, sulphate,
copper and arsenic were all above the lowest inhibitory value for AD reported in previous
literature (see Supplementary Materials Table S1 and red line Figure 3). Therefore, there
was a clear risk that those TWs would negatively affect the sludge digestion if their loads
to the reactor were not carefully selected. The TWs going to BNR were low in phenol,
aluminium and nitrate, although several constituents of concern were observed, such as
chloride, ammonia, zinc, sulphate, copper and arsenic.
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Figure 3. Box and whiskers plot values representing TWs’ composition depending on the treatment
route generally chosen by water utilities. BNR represents TWs with COD below 50 g/L that are
typically fed at the head of wastewater treatment plants, AD represents TWs with a COD between
50 and 250 g/L that go directly to the AD, and HST represents TWs with COD above 250 g/L that
normally go to high-strength tanks. The lowest inhibitory value for AD reported in the literature is
represented by the red lines (Supplementary Materials Table S1). The lowest point in the whisker
represents the minimum value of the data, the highest point on the whisker represents the maximum
value, the bottom of the box is the 25 percentile, the top of the box is the 75 percentile and the line
dividing the box is the median.
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3.2. Biological Methane Potential Tests
3.2.1. Yield
Ammonia

Similar trends and values in biogas and methane formation were observed when
dosing ammonium chloride and ammonium sulphate in the digesters (Figure 4a). The
biogas and methane yields decreased from 631 to 521 mL/g VS with a 0.8 yield ratio in
relation to the control and 415 to 354 mL/g VS with a 0.8 yield ratio over the control,
respectively, when the TAN concentration was increased between 635 and 3405 mg/L
with ammonium sulphate (Figure 4a). Furthermore, addition of TAN between 586 and
5162 mg/L with ammonium chloride decreased biogas and methane yields from 624 to
431 mL/g VS with a 0.7 yield ratio in relation to the control and 377 to 257 mL/g VS with
a 0.7 yield ratio over the control, respectively (Figure 4a). This demonstrates increased
inhibition as the TAN concentration increased and suggests that the chloride and sulphate
counter-ions had similar or no effects on the results. Nevertheless, the statistical analysis
suggested that the yields of test ADs dosed with ammonium chloride were not statistically
different from the control reactors except for that of 5162 mg TAN/L, but the performance
of ammonium sulphate dosed units was statistically different from that of the control for all
the concentrations tested (see Supplementary Materials Table S2). A similar concentration
of TAN, 5000 mg/L, was reported as 25% inhibitory for methane yield by Borja et al. in
cattle manure digesters [29].

As it has been previously reported, FAN is the ammonia form most toxic to the AD
process as it permeates through the cell membrane more easily than ammonium, inhibiting
enzymes or leading to proton imbalance [23]. In the current study, there was an increase
from 7 to 255 mg/L of FAN using ammonium chloride that decreased the methane yield by
32% (Figure 4b). Additionally, a decrease of 15% in methane formation was observed at
691 mg/L of FAN using ammonium sulphate (Figure 4b). Ammonium chloride addition
led to a similar reduction of the methane yield against the control (11%) to the level reported
by Bujoczek et al. [30] with a FAN concentration of 173 mg/L when food waste and sewage
sludge were co-digested in a ratio 40%/60%. There have been other studies that showed
inhibition of methanogens at similar FAN ranges to those tested. Angelidaki and Ahring
reported a reduced growth rate of methanogens by 50% at FAN concentrations of 200 and
500 mg N/L [31] and a negative effect in a continuous AD operated at 55 ◦C when FAN
reached 600 and 800 mg N/L [32]. An even lower range of 280 and 520 mg N/L of FAN
was found to reduce by 50% the growth in acetate consumers and hydrogen consumer
methanogens, respectively, by Borja et al. [29].
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Figure 4. Biogas (B) and methane (M) yield ratios over the control when TAN (a) and FAN (b) were
added using ammonium sulphate and ammonium chloride, zinc was added as zinc sulphate and zinc
chloride (c), copper was added as copper sulphate and copper chloride (d), aluminium (e) was added
and pH (f) was changed using aluminium sulphate, aluminium chloride, aluminium sulphate plus
sodium hydroxide and hydrochloric acid, and sodium (g), sulphate and chloride (h) were added as
sodium sulphate and sodium chloride, nitrate was added as sodium nitrate (i), mercury was added
as mercury sulphate (j), and arsenic was added as sodium arsenate (k).

Zinc

An increment of Zn from 0.2 mg to 2 mg Zn/L improved the biogas and methane
yields, reaching a ratio of 4 and a ratio of 3.7 over the control yield, respectively, for the
experiments using zinc sulphate (Figure 4c). This could be associated with zinc stimulating
the growth of methanogens as it is needed in RNA polymerase and other biosynthetic
enzymes [33]. From 2 to 760 mg Zn/L there was a steady decrease of approximately 40% in
both biogas (42%) and methane (37%) yields (Figure 4c). Zinc sulphate in a range between 7
and 112 mg Zn/L still showed an increase of performance over the control, similarly to the
increase in yield observed with a zinc concentration of 8 mg/L in the study by Altaş [22]. At
1676 mg Zn/L, there was a toxic effect in the reactors as the biogas and methane productions
recorded were lower than the ones of the blank units (i.e., negative yield value) (Figure 4c).
Using zinc chloride, the biogas and methane yields were statistically similar to that of the
control for the concentrations between 2.8 and 87 mg Zn/L, indicating stable conditions
as the biogas production only varied between 630 and 664 mL/g VS. Complete inhibition
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of biogas and methane production was reached at a concentration of zinc of 592 mg/L
using zinc chloride (Figure 4c). A concentration of 760 mg Zn/L increased iso-butyric
concentration up to 147 mg/L, compared with the control concentration of 55 mg/L. A
further increase up to 1676 mg Zn/L led to an increase in concentrations of all VFAs except
valeric and iso-valeric above those of the control. The VFA concentrations at 1676 mg Zn/L
were 1085 mg/L of acetic, 2109 mg/L of propionate, 160 mg/L of iso-butyric, and 301 mg/L
of butyric, while levels in the control were under the detection limit except for iso-butyric
previously mentioned. Zinc has been shown to have an inhibitory effect interfering with
enzymes required for methanogenesis [33]. The accumulation of VFA in the current study
at 760 and 1676 mg Zn/L agrees with an effect of zinc in the methanogenesis phase of the
digestion process. Further trials on continuously operated ADs would be recommended to
link dynamics of VFA accumulation to specific pathways of inhibition, which could inform
developing a control strategy for TW dosed reactors.

Copper

Biogas and methane yields remained in a similar range with 604–559 mL biogas/g VS
and 431–388 mL methane/g VS when the concentration of copper sulphate was increased
from 6 to 167 mg Cu/L (Figure 4d). The consistency in biogas and methane yields for the
range studied differed from that of previous studies that found inhibition between 2.2 and
50 mg Cu/L (see Supplementary Materials Table S1). This difference could be linked to
the zinc concentration in the system, as it has been reported to reduce copper inhibition
by competition to enter the microorganism cell [33]. Nevertheless, the background zinc
concentration in the current study was between 17 and 46 mg Zn/L in comparison to
65 mg Zn/L, for example, in the work reported by Abdel Azim et al. [33]. Therefore, other
mechanisms such as copper polysulphide precipitation, which were reported to be the
most common form in sewage sludge at pH 7–7.5 at 37 ◦C, might be responsible for the
reduction of soluble copper [34]. This decrease of soluble copper would have reduced the
effect of copper on the current experiments. Attachment to the organic matter could also
reduce the available copper concentration for anaerobic microorganisms [35].

Alternatively, the use of copper chloride reduced the biogas and methane yields
by up to 62 and 66%, respectively, with an increase in Cu concentration from 0.15 to
22 mg/L (Figure 4d). This value is similar to that of a study with thermophile methanogen
Methanobacterium thermoautotrophicum that was 50% inhibited at 14 mg Cu/L [36]. The bio-
gas and methane yields further decreased with increasing copper chloride doses, resulting
in 86% inhibition and toxic effect at 501 and 804 mg Cu/L, respectively (Figure 4d). An
accumulation of acetate at concentrations of 613 mg acetate/L was observed at the end of
the BMP test when copper reached 811 mg Cu/L, compared with the control test that had
4 mg acetate/L. Therefore, despite the methanogens being affected by the high concentra-
tion of copper, acetogens were able to grow, which agrees with previous studies on copper
inhibition that have reported methanogens to be more affected than acidogens [37].

Aluminium

With aluminium sulphate, the biogas and methane yields remained constant at 574 mL
biogas/g VS and 454 mL methane/g VS between 3 and 210 mg Al/L, with a small 13%
reduction of methane at 210 mg Al/L. When increasing the aluminium concentration to
771 mg Al/L, the biogas and methane yields were reduced by 30 and 51%, respectively.
The pH at 771 mg Al/L remained at 6.5, which is within the limit for AD operation; hence
suggesting that the impact on process yield was attributable to the aluminium toxicity.
Toxic effects for both biogas and methane productions were reached at 1350 mg/L Al,
although the low pH value of 5.3 recorded (Figure 4e), prevents a clear understanding
of whether inhibition was related to aluminium toxicity, acidification of the reactors or a
combination of both.

In the case of aluminium chloride, there was a 9% increase in biogas yield and a
9% reduction of methane yield with concentrations between 1 and 203 mg Al/L. A toxic
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effect was then observed for both biogas and methane production as the concentration
was further increased to 780 mg Al/L and pH reached 5.8 (Figure 4e,f). For both salts,
aluminium chloride and aluminium sulphate, dosed reactors toxic effects occurred at a
pH of 5.8 or below (Figure 4f). To dissociate the impacts of the pH and aluminium on the
system, an experiment with pH control for ADs dosed with aluminium sulphate between
262 and 608 mg Al/L was performed, and other reactors where pH was reduced from 6.55
to 4.5 without aluminium addition were also operated.

The addition of aluminium even with pH control reduced biogas production by 18, 29
and 42% at concentrations of 262, 464 and 608 mg Al/L, confirming that at least part of the
toxicity observed was due to aluminium. Aluminium can negatively affect microorganisms
by disrupting glucose degradation by attaching to ATP and substitution of divalent ions,
as it forms stronger complexes [38]. Additionally, aluminium cationic form (Al3+) can
compete with the hydrogen cationic form (H+) at low pH [38]. An accumulation of VFA
was also observed with an increase in acetate concentration from 833 mg/L in the control
to 1193 mg/L at 608 mg Al/L addition. VFA accumulation due to aluminium addition
has been previously reported [39]. Nevertheless, the experiment with pH control resulted
in 42% less biogas at 608 mg Al/L than that of the control unit, suggesting a combined
inhibition due to aluminium and acidification in ADs dosed with aluminium sulphate and
without pH correction. This synergistic effect could be confirmed when looking at the 84
and 86% reduction in biogas yield in ADs operated at pH 5 and 4.5 without aluminium
addition, as its impact is lower than what was observed in aluminium dosed units with pH
of 5.3, where toxicity was complete and resulted in negative biogas yields.

Nitrate

Increasing levels of nitrate by dosing sodium nitrate resulted in an initial decrease in
both biogas and methane performance, followed by an increase in yields reaching similar
production to that of the control reactors at the maximum concentration studied of 427 mg
NO3/L (Figure 4i). The 15% methane inhibition observed at 332 mg NO3/L was similar to
the 14% at that concentration reported by Tugtas and Pavlostathis [15]. The lowest point
was at 174 mg NO3/L with 20% inhibition in biogas yield with 606 mL/g VS and 24%
inhibition of methane yield with 411 mL/g VS (Figure 4i). The change of yield performance
with nitrate addition might be related to the accumulation of butyrate at the end of the
experiment: >0.1 mg butyrate/L in the control against 113 mg butyrate/L at 254 mg
NO3/L, 118 mg butyrate/L at 332 mg NO3/L and 135 mg butyrate/L at 427 mg NO3/L.
The accumulation of butyrate might result from the accumulation of hydrogen caused by the
inhibition of hydrogen consumers by nitrate, as hydrogen has been seen to inhibit butyrate
degradation [40,41]. Kluber and Conrad [40] found a 50% inhibition at 186 mg NO3/L
(3 mM) using Methanosarcina barkeri, which is double the inhibition at 174 mg NO3/L
observed in the current study, and at 1550 mg NO3/L (25 mM) using Methanobacterium
bryantii fed by hydrogen.

Arsenic and Mercury

With mercury, the biogas yield was mostly similar to that of the control units except
for an increase of 17 and 13% in biogas yield above the control value of 754 mL/g VS at
239 and 495 mg Hg/L. However, the methane yield was constant at about 570 mL/g VS
between 0.027 and 920 mg Hg/L (Figure 4j). Comparison with previous literature shows
that 500 mg/L of mercury decreased by 90% the biogas production when a continuously
fed system was spiked once with mercury [42]. The lower inhibition observed in the
current research as compared with values reported in the literature could result from the
low solubility of mercury sulphate, which could precipitate in the reactor or adsorb on the
sludge, reducing its bio-availability [43] as its concentration was reduced below 0.1 mg
Hg/L at the end of the current experiment for all the concentrations studied.

Arsenate experiments had similar biogas and methane yields throughout the experi-
ments from 0.02 to 16 mg As/L by adding sodium arsenate (Figure 4k). Field et al. observed
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a competition for the organics between arsenate reducers and methanogens at a concentra-
tion lower than 150 mg As/L of arsenate [44]. A mechanism that might reduce the toxicity
of arsenate is precipitation with sulphur compounds [43,44]. Nonetheless, in previous
experiments, a value of 960 mg SO4/L (10 mM SO4), which is higher than the concentration
in this experiment of 34 mg SO4/L, did not show precipitation with sulphate when pH was
close to neutral [44].

Counter-Ion Effect

As commented in the previous sections, there are differences between the experiments
using chloride or sulphate as counter-ions. The TAN experiments showed a higher methane
inhibition, 32%, using ammonium sulphate at 3405 mg N/L than for ammonium chloride
at 5162 mg N/L, 15%. In contrast, the FAN levels for those experiments showed a similar
inhibition with ammonium sulphate and ammonium chloride at 255 mg N/L, decreasing
methane yield around 12% (Figure 4a,b). Zinc chloride presented a constant production
of biogas and methane between 3 and 87 mg/L, in contrast with the decreasing trend
resulting from zinc sulphate from 2 to 112 mg Zn/L. Nonetheless, the ratios of yields for
biogas and methane were lower in the zinc chloride, close to 1, than the ratio using zinc
sulphate, which decreased from 4 to 2 (Figure 4c). The copper sulphate ratios of biogas
and methane yields were close to 1, exhibiting a better performance than copper chloride
experiments that showed a decrease of performance to less than half that of the control
(Figure 4d). This difference could be because copper sulphate’s solubility, 22.2% in weight,
is lower than copper chloride’s solubility, 44.8% in weight at 40 ◦C [45], precipitating
a portion of copper. Additionally, the higher content of zinc in the experiment using
copper sulphate could have competed with copper for transport into the cells, reducing its
toxicity [33]. Aluminium chloride addition decreased pH more than similar concentrations
using aluminium sulphate because of the formation of hydrochloric acid when aluminium
chloride is mixed in water [46] (Figure 4e,f). At 771 mg Al/L, aluminium sulphate showed
a better performance of biogas and methane yields; 402 mL biogas/g VS with a ratio
of 0.7 over the control and 241 mL methane/g VS with a ratio of 0.5 over the control;
while aluminium chloride at 760 mg Al/L showed a toxic effect (Figure 4e,f). For sodium
salts concentrations ranged between 3360 and 4054 mg Na/L, there was an increase in
biogas yield of 14% and similar methane yield than that of the control at 3915 mg Na/L
using sodium chloride, while sodium sulphate decreased the biogas and methane yields
by 8 and 16%, respectively, at 4054 mg Na/L. In the current study, there was a decrease
of 16% in methane yield at 1466 mg SO4

2−/L. Jeong et al. observed 33% reduction in
methane production at 1500 mg SO4

2−/L [47]. Addition of chloride up to 4535 mg Cl/L
decreased methane yield by only 6%. Vijayaraghavan et al. found a decreasing trend from
the optimum when chloride was added above 5500 mg Cl/L [48].

Therefore, there was an effect of the counter-ion in the experiments. Ammonia and
sodium had a synergistic effect with sulphate, while zinc, copper and aluminium had a
synergistic effect with chloride. Previous studies have found a different effect for chloride
salts than sulphate salts in soil bacteria because of different inhibitory mechanisms of
chloride and sulphate. Chloride can affect some enzymes, such as phosphoenolpyruvate
carboxylase, glutathione reductase and ribulose biphosphate carboxylase, and it can inhibit
protein synthesis by preventing the binding of ribosomes to mRNA [49,50]. Meanwhile,
sulphate can be metabolised by some bacteria, competing with the methanogens for the
substrate [17]. Sulphate addition has an effect on sulphate-reducing bacteria that can be
inhibited by some of the elements studied. Therefore, the negative impact on sulphate
reducing species will have a beneficial effect on methanogens, because they are competitors.
For these reasons, the use of similar counter-ions is important when various cations are
compared, and the concentration of chloride and sulphate might be an important parameter
in the limit set for a cation in AD reactors.
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3.2.2. Kinetics

A standard first-order model and the Gompertz model were utilised to analyse the
kinetic data of biogas formation in the BMPs previously described. The first-order model
gives a good approximation for substrates that contain easily hydrolysable organic content
without inhibition in the form of a lag phase [51]. Instead, Gompertz accounts for any lag
phase, leading to a better fit of the data if samples are inhibitory for the process or present
a delayed degradation [51,52]. In general, the Gompertz model showed a better fit for
the data in this study than first-order kinetics, as confirmed by r2 and RMSEn values (see
Figure 5 and Supplementary Materials Table S3).
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Figure 5. Results from Gompertz model for the biogas formation kinetics on the BMP experiments
where TAN was increased adding ammonium sulphate and ammonium chloride (a), zinc was added
as zinc sulphate and zinc chloride (b), copper was added as copper sulphate and copper chloride (c),
aluminium was added with aluminium sulphate, aluminium chloride, and aluminium sulphate plus
sodium hydroxide (d), pH was modified using hydrochloric acid (e), sodium was added as sodium
sulphate, sodium chloride (f), and sodium nitrate (g), mercury was added as mercury sulphate (h),
and arsenic was added as sodium arsenate (i).

The faster biogas formation kinetics of ammonium sulphate dosed reactors compared
to ammonium chloride dosed units is notable in the Gompertz model results. The lag phase
was found to increase from 2 up to 9 d when TAN was between 2946 and 5162 mg N/L
using ammonium chloride, while ammonium sulphate showed a much smaller lag phase,
0.1 d, at 3405 mg N/L of TAN. A higher maximum Rm was also obtained at 1602 mg N/L
of TAN of ammonium sulphate, 150 mL biogas/g VS/d, than in the ammonium chloride
experiment, 98 mL biogas/g VS/d, at 586 mg/L of TAN (Figure 5). Therefore, despite the
biogas yield being similar to that of the control for most of the concentrations of ammonium
chloride, except for 5162 mg N/L, there was a kinetic inhibition in the shape of a delayed
biogas formation between 2946 and 5162 mg N/L (Figure 5). In contrast, ammonium
sulphate resulted in a decrease in biogas yield from a concentration of 1764 mg N/L,
with kinetic inhibition resulting in a lag phase noticeable only at 3405 mg N/L (Figure 5).
Therefore, the inhibition of kinetic parameters for ammonium starts at values close to
or above 3000 mg N/L for both salts. These data showed that ammonia might not be
important in kinetic inhibition, but it was the counter-ion which was responsible for the
observed lag phase or a synergistic effect between ammonium and chloride.

Zinc exerted a different behaviour with different counter-ions that differed from what
was observed with the ammonium salts. The lag phase in the Gompertz model observed
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in the control reactors, 4.5 d, decreased to 1.4 d and 2 d when zinc sulphate was added
between 2 and 112 mg Zn/L, respectively, with a later increase reaching a value of 21.4 d
at a concentration of 760 mg Zn/L (Figure 5). This contrasts with the results reported by
Atlaş [22] that showed an increase of the length of the lag phase when zinc was increased
from 4 to 62 mg Zn/L, while in this study the zinc had to be increased up to 476 mg Zn/L to
observe a longer lag phase than the control value of 7.9 d. The Rm value from the Gompertz
model increased to 80 mL biogas/g VS/d when zinc sulphate was added up to 7 mg Zn/L
(Figure 5). Zinc chloride did not result in any lag phase between 10 and 87 mg Zn/L.
Therefore, zinc kinetic inhibition is enhanced by sulphate. In contrast with the yield results,
kinetics were faster in the experiments using zinc chloride rather than for zinc sulphate.
Moreover, the effect of chloride and sulphate was reversed to what was found for ammonia.
Therefore, the cause of the inhibition might not be one ion or the other, but the synergistic
effect of both ions or other components in the sludge on the kinetic parameters.

Copper sulphate at 32 mg Cu/L improved the substrate degradation rate, as evidenced
by a 38% increase in Rm from the Gompertz model (Figure 5). No lag phase was observed
within the concentrations studied which, combined with the lack of impact on biogas and
methane yields, suggest that copper within 7 and 167 mg Cu/L using sulphate is not
inhibitory for the digestion of sewage sludge and can indeed accelerate gas formation.
The control from the experiment was faster than when copper chloride was dosed as Rm
from the Gompertz model, which produced the highest values in the experiment, 131 mL
biogas/g VS/d (Figure 5). Additionally, copper chloride led to a lag phase equal to 3 d at
198 mg Cu/L, while copper sulphate did not show any lag phase at a similar concentration.
It was hence concluded that any inhibition in copper chloride reactors was attributable to
the chloride counter-ion and not the copper itself.

Aluminium sulphate dosing resulted in a positive impact at a dose of 85 mg Al/L, as
the Gompertz model showed a 23% increase on Rm up to 106 mL biogas/g VS/d (Figure 5).
A further increase of aluminium sulphate, up to 771 mg Al/L, increased the lag phase
to 0.7 d, impacting substrate degradation rate. The aluminium chloride maximum kh
from the first kinetic model was 0.49 d−1 at 82 mg Al/L with an increase of 19% from
the control, and a maximum Rm from Gompertz model at 204 mg Al/L, increasing by
17% from the control (see Figure 5 and Supplementary Materials Table S3). Aluminium
addition using aluminium sulphate with sodium hydroxide increased λ from 0.2 d in the
control to 1.2 d at 607 mg Al/L (Figure 5). A decrease in pH alone increased λ from 0.2 d
to 25.1 d, evidencing the need for the microbial communities to recover from the initial
acidic conditions (Figure 5). Both salts alone triggered a decrease in pH, but aluminium
chloride did not show any λ despite the lag phase observed when decreasing the pH alone,
suggesting that pH alone did not affect the lag phase increase. The similarities between
the lag phase data at 771 mg Al/L in the experiments of aluminium sulphate without
pH control, and 607 mg Al/L in the experiment of aluminium sulphate with adjusted
pH, suggest a higher effect of aluminium in those experiments. It can be concluded
that the difference in synergistic and antagonistic effects between the salt ions and the
pH decreases because the salt addition is the cause of the different behaviour between
aluminium sulphate and aluminium chloride and the reason for the lag phase.

Sodium nitrate impacted process kinetics when dosed, resulting in a λ of 4 d at
1463 mg Na/L and 254 mg NO3/L (Figure 5), which also matched a decrease of 15% in
biogas yield (Figure 4i). In contrast to what was observed in the yield, the lag phase
did not reduce to the values of the control, reaching 3 d at 1527 mg Na/L and 427 mg
NO3/L. Therefore, nitrate concentrations above 92 mg NO3/L require time to acclimatise,
which could be associated with a shift in the microbial population as commented in the
previous section.

Sodium experiments using chloride and sulphate as counter-ions achieved a faster
biogas production at 3915 and 3846 mg Na/L, and 1066 mg Cl/L and 1032 mg SO4/L,
respectively. First-order kinetics for sodium chloride and sodium sulphate showed an
increase of kh of 24% and 48% from the control, respectively (see Supplementary Materials
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Table S3). This suggested better substrate degradation when sulphate was used as a counter-
ion. In contrast, the Gompertz model parameter Rm increased by 30 and 14% respectively
from the control (Figure 5). Sodium sulphate data fitted better on the first-order kinetics
between 3499 and 4054 mg Na/L than in the Gompertz model, suggesting a lack of lag
phase, while sodium chloride fitted better in the Gompertz model. Despite the small
differences, there were no clear differences between the use of chloride and sulphate as
counter-ions and using sodium.

Mercury addition improved the speed of biogas conversion when it was added up to
920 mg/L, increasing Rm from the Gompertz model by 77% from the control. An increase
of λ occurred at 495 mg/L up to 0.8 d, showing a slight inhibition. Sodium arsenate
affected the kinetic parameters more, resulting in a λ of 2 d when arsenic was added
up to 17 mg/L, in contrast to what was observed in the yield, which remained similar
to that of the control for every concentration tested (Figure 5). This could mean that at
the concentration of 17 mg As/L there was a slight inhibition and an acclimation of the
microorganisms, or a competition between the arsenate reducers and the methanogens
for the organic substrate [44]. Therefore, despite no inhibitory effect on the yield, there
might be an inhibitory effect on the kinetics of AD due to the competition between arsenate
reducers and methanogens [43,44].

In general, speed of biogas formation using chloride differed from that using sulphate,
which differs from the results obtained in the previous section for yields. Ammonium
chloride and sodium arsenate exhibited a lag phase despite having similar yields to the
control. Zinc sulphate and sodium nitrate showed a slower biogas formation than the
control for concentrations that resulted in similar or greater yields than the control reactors.
Aluminium sulphate, copper sulphate and ammonium sulphate showed decreasing trends
in the yield and kinetics. There is a difference between the impact on gas formation kinetics
of the ion studied depending on the counter-ion used, as was observed with sulphate and
chloride. The difference in kinetics parameters might be caused by an interaction of the
two ions in the salt rather than the separate effect of one of them.

3.3. Potential for Co-Digestion of Trade Wastes

One of the objectives was to establish the loads of each type of TW that can be added
to sludge anaerobic digesters without hindering methane production. A preliminary
understanding of the maximum TW loads that can be co-digested optimally in sewage
sludge ADs can be obtained with results from the inhibition tests in BMPs, summarised in
Table 3, and information on the characterisation of TWs obtained from the database. To
understand the impact of adding TWs in different loads, scenarios considering different
volume ratios of TWs to sewage sludge were evaluated: 0/100, 10/90, 30/70, 50/50,
70/30, 90/10 and 100/0. The concentrations of individual constituents calculated for
those scenarios were then compared with the BMP inhibition and toxicity values to obtain
Figure 6.

Ammonia, aluminium, zinc, copper, chloride, nitrate, sulphate and arsenic showed
a high number of TWs with a potentially negative effect on sewage sludge AD, with
the number of potentially inhibitory TWs increasing when TW loads to the reactor were
increased. In a scenario with only TWs fed to the ADs (TWs/sludge volume ratio of 100/0)
2, 4, 1, 7, 16, 4, 32 and 1% of the TWs studied were regarded as potentially inhibitory
when considering calculated concentrations of ammonia, aluminium, zinc, copper, chloride,
nitrate, sulphate and arsenic, respectively (Figure 6). The only element that did not show
any effect at any volume ratio was mercury (Figure 6).

Sulphate and chloride constituted the largest risk of inhibition, with 7 and 4% of the
TWs resulting in inhibitory calculated concentrations in a 10/90 scenario and 32 and 16% in
a 100/0 scenario for sulphate and chloride, respectively (Figure 6). These two constituents
showed potential to inhibit methane yield by up to 25% at the studied concentrations
(Figure 2). Ammonia, aluminium, zinc and copper all led to a less pronounced increase
in the proportion of TWs with potential to have a negative effect by those constituents
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as the TW/sludge volume ratio was increased (Figure 6). They also showed a higher
methane yield inhibition at the concentrations studied with potential for 32, 39, 100 and
100% methane reduction, respectively (Figure 2).

Table 3. Summary of concentration ranges impacting AD of sewage sludge obtained from BMP tests.

Beneficial Non-Effect Yield Inhibition Kinetic Inhibition Toxic Unknown

Chloride (mg/L) - <3666 3666–4535 - - >4535

Ammonia (mg/L) 635–1460 <635
1460–1602 1602–3405 1602–3405 - >3405

Aluminium (mg/L) - <309 309–607 309–607 - >607

Nitrate (mg/L) - <92
332–427 92–332 92–427 - >427

Zinc (mg/L) - <87 87–498 - >498 -

Sulphate (mg/L) - <162 162–1466 - - >1466

Copper (mg/L) - <7 7–501 91–198 501–804 -

Arsenic (mg/L) - <17 - 17 - >17

Mercury (mg/L) - <25
495–920 25–495 25–495 - >920

Note: As specified in Section 2.3, “beneficial” was defined as the samples with a biogas yield above the control
yield; “non-effect” samples had yields similar to the control; “yield inhibition” showed a reduction in the
maximum yield of biogas in respect to the control one; “kinetic inhibition” showed an increase of lag phase; “toxic”
refers to yield values below the blank production; and, “unknown” refers to conditions above the maximum
concentration studied in the BMP tests, where no toxicity was observed. When two salts were tested for the
same inhibitor, the range presented is the one that showed higher yield inhibition at the smallest concentration
to account for the worst-case scenario, with the exception of chloride and sulphate salts, which had sodium as
a counter-ion.
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Figure 6. Percentage of TWs considered from the database (total of 160) that could result in a negative
effect (inhibition or toxicity) if co-digested with sewage sludge, depending on the TWs/sewage
sludge volume ratio.

Overall, a volume ratio of 10/90 TWs and sewage sludge (calculated as per Section 2.5)
was estimated to be the best volume ratio for co-digestion considering all the ions studied
and typical concentrations encountered in real TWs (Figure 6). Most of the constituents in
TWs remain below the inhibitory levels obtained in BMP tests at this volume ratio, with
only 13.7% of all the TWs studied presenting a potential for inhibition. Chemical TWs
showed inhibition in 7 cases for sulphate, 3 for chloride, 3 for copper and 2 for nitrate.
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Glycerol/beverage/alcohol wastes showed inhibition from sulphate, chloride and nitrate
for 7, 1 and 1 of them, respectively. An oil containing TW showed inhibition for zinc and
sulphate. Chloride inhibition was also found in one of the food TWs. Finally, chloride
and sulphate inhibitory effects were observed in 1 and 2 landfill leachates, respectively.
Moreover, there were constituents such as ammonia, aluminium, arsenic and mercury
that did not show any inhibitory effect at that volume ratio. The average spare capacity
in wastewater treatment plants digesters has been reported as 30%, which could be an
opportunity for Aco-D with TWs up to this volume ratio [53]. An increase in TW in the
feed to ADs from a volume ratio of 10 to 30% can, however, significantly impact the process.
To illustrate, for a scenario with 10% of TWs in the feedstock, 1% of the TWs investigated
constitute a risk of zinc inhibition, but a scenario with 30% of TWs showed 1% of the TWs
considered could be completely toxic for the digestion process (Supplementary Materials
Figure S1a,b). Therefore, further investigation in continuous experiments of the impact of
the preferred TW/sludge volume ratio (10/90) and the volume ratio representing site spare
capacity (30/70) is paramount to understand whether acclimation of microbial communities
not observable in batch ADs could occur.

4. Conclusions

TW characterisation and BMP tests give an insight into the opportunities for Aco-D
of sludge and TWs. Within the 160 TWs studied, the key constituents identified as poten-
tially inhibitory (yield or lag phase) or toxic were ammonia, chloride, nitrate, sulphate,
aluminium, copper, zinc, arsenic and mercury. Co-digestion with TWs as 10% of the feed-
stock volume in sewage sludge digesters can result in significant biogas uplifts, although
inhibition would be expected for 13.7% of the TWs investigated, which requires further
investigation of potential for microbial acclimation in continuous experiments. Those in-
hibitory TWs were 15, 9, 3, 1 and 1 TWs from chemical, glycerol/beverage/alcohol, landfill
leachate, oil-containing, and food groups, respectively. Further work is recommended to
investigate variability in composition of individual TWs and their impact on consistently
sustaining biogas uplifts.
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Abstract: Four flat-sheet submerged anaerobic membrane bioreactors ran for 242 days on a simu-
lated domestic wastewater with low Chemical Oxygen Demand (COD) and high suspended solids.
Organic loading was maintained around 1.0 g COD L−1 day−1, while solids retention time (SRT) was
varied from 20–90 days. This was achieved at a constant membrane flux, maintained by adjusting
transmembrane pressure (TMP) in the range 1.8–9.8 kPa. Membrane fouling was assessed based
on the required TMP, with mixed liquors characterised using capillary suction time, frozen image
centrifugation and quantification of extracellular polymeric substances (EPS). SRT had a significant
effect on these parameters: fouling was least at an SRT of 30 days and highest at 60 days, with
some reduction as this extended to 90 days. Operation at SRT < 30 days showed no further benefits.
Although operation at a short SRT was optimal for membrane performance it led to lower specific
methane productivity, higher biomass yields and higher effluent COD. Short SRT may also have
accelerated the loss of essential trace elements, leading to reduced performance under these condi-
tions. A COD-based mass balance was conducted, including both biomass and methane dissolved in
the effluent.

Keywords: anaerobic membrane bioreactors; ambient temperature; membrane fouling; mean cell
residence time; wastewater treatment

1. Introduction

Anaerobic technologies for wastewater treatment may offer advantages over aerobic
systems, as they produce methane-rich biogas and have much lower sludge yields [1,2].
Anaerobic processes are normally operated at around 35 ◦C, which is known to be an
optimum for maintaining a high metabolic activity [3]. It is, however, rarely economical to
work at this temperature when treating low-strength municipal wastewaters, as the energy
yield may be lower than the parasitic energy demand for heating [4].

Although it is well-known that lower temperatures reduce the rate of biological reac-
tion, there is increasing awareness that effective operation is possible using retained and
acclimated biomass [5]. Lower temperature operation does, however, raise other issues such
as the increased solubility of methane in the effluent stream; potentially lower removal effi-
ciencies for Chemical Oxygen Demand (COD); and an increase in water viscosity that can
reduce the membrane flux and change the settling characteristics of biological solids [3,6–9].
The development of the anaerobic membrane bioreactor (AnMBR) has made it possible to
produce high-quality effluents while operating at ambient temperatures and at a reasonably
short hydraulic retention time (HRT). A number of reviews [10–12] have demonstrated
a growing interest in the application of AnMBRs to a variety of wastewater types. The
successful treatment of real and simulated municipal wastewaters with biogas produc-
tion in AnMBR at operating temperatures as low as 15 ◦C has been demonstrated [13,14].
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Yet, there still remain considerable knowledge gaps and technical challenges before the
technology can become more widely adopted at full scale [10,15].

The retention of biomass in an AnMBR allows mixed liquor suspended solids (MLSS)
concentrations to be maintained without carry-over of solids into the effluent; it also gives
the potential for selecting the MLSS concentration for optimum organic matter degradation
and membrane performance [7,15]. The decoupling of solids retention time (SRT) from
HRT provides a way to control the mean cell residence time (MCRT) in the reactor [8].
This approach to process control has been used extensively in aerobic wastewater treat-
ment, as MCRT is the reciprocal of biomass growth rate and, therefore, directly influences
both metabolic activity and sludge yield [16]. The simplest way to control MCRT, and,
therefore, gain kinetic control over the treatment process, is through proportional biomass
wastage [17]. This important kinetic control parameter has not, however, been widely used
in anaerobic systems, even though MCRT has been shown to influence the production
of extracellular polymeric substances (EPS) and soluble microbial products [3,18]. These
are particularly important in submerged AnMBR (SAnMBR), where the membrane is
directly immersed in the mixed liquor, and both EPS and soluble microbial products are
known to affect membrane fouling [19,20]. In aerobic treatment systems, it is thought that
a long MCRT reduces the concentration of EPS and soluble microbial products and because
these are considered to be more critical in inducing membrane fouling than is the MLSS
concentration, a long MCRT is usually chosen for operation [3,20,21].

Relatively few AnMBR studies to date have used MCRT or solids retention time (SRT)
as a control parameter, while many have operated at very extended or near-infinite solids
retention times, with the SRT in some cases determined only by the need to remove small
volumes of MLSS for analysis. Studies in which SRT has been varied, however, have
not always run for long enough to reach steady-state conditions: this is often defined
as operation for at least 3 SRT. Without this, it is unlikely that MLSS properties will be
representative in each case. Baek et al. [22] operated a 10-L AnMBR with a sidestream
membrane filter on settled municipal wastewater over a range of SRT from 19–217 days but
only achieved 3 SRT at the lowest value of 19 days. Yeo and Lee [23] tested SRT of 20 and
40 days in a 5-L SAnMBR operated at 23 ◦C on a feed of glucose at 5 g COD L−1. It is likely
that only 1 SRT was achieved in each case, although the duration of this experiment was not
explicitly stated. Dong et al. [24,25] used the bench and pilot-scale AnMBRs with external
hollow fibre membrane (HFM) units fed on municipal wastewater at 23 ◦C. They tested
SRT of 100, 70 and 40 days, but none of these appear to have run for 3 SRT. Thanh et al. [26]
reduced the SRT from 100 to 75, 50 and then 25 days over a 60-day period in a flat-sheet
SAnMBR at 35 ◦C fed on dilute synthetic wastewater. Yurtsever et al. [27] treated high-
salinity synthetic textile wastewater in aerobic and anaerobic flat-sheet MBRs at 60-days,
30-days and near-infinite SRT, but in each case for much less than 3 SRT. Ji et al. [28] altered
the SRT from 53 days to near-infinite in response to changes in MLSS caused by varying
load: this is a familiar alternative method for process control in aerobic systems, but they
did not attempt to use SRT itself as a control parameter.

A small number of studies using SRT as the main control parameter have run for
long enough to approach steady-state operation. In some cases, these have used high-
strength effluents under mesophilic conditions. Dereli et al. [29,30] operated two mesophilic
cross-flow AnMBR on high-strength corn stillage for 3 months at SRT of 20 and 30 days,
respectively, then ran for a further 3 months at a 50-day SRT. Szabo-Corbacho et al. [31]
investigated the effect of SRT in a crossflow AnMBR treating high-strength synthetic dairy
wastewater at 35 ◦C and completed ~3 SRT at 20 and 40-day SRT. Pacheco-Ruiz et al. [32]
used a low-to-intermediate strength synthetic wastewater at 36 ◦C and showed that a
short SRT gave enhanced membrane performance but resulted in lower specific methane
production and higher waste sludge yield. Very few such studies have used low-strength
wastewaters at lower temperatures, however, and the limited results to date have been
conflicting. When treating synthetic low-strength wastewater in a flat-sheet membrane at
25–30 ◦C, Huang et al. [33] noted that a longer SRT led to greater fouling when using the
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same AnMBR to treat municipal wastewater, however, they also found higher fouling at a
short SRT [34]. While more studies are coming through using real municipal wastewaters,
at ambient temperatures, and/or in larger-scale systems [1,6,15,24,35], data interpretation
and performance prediction can be challenging due to the number of influencing variables.
This is especially the case where multiple factors can alter simultaneously [3,4,7], and there
is thus a clear need for studies focusing on the effects of individual parameters such as SRT.

The current research aimed to assess the effect of changes in SRT on the performance
of a SAnMBR treating low-strength wastewater at 20 ◦C, and, in particular, the influence on
membrane fouling, sludge yield, COD removal efficiency, and physico-chemical properties
of the MLSS once steady-state operation has been achieved. The results may thus contribute
towards resolving some conflicting reports in the literature and could help to establish
MCRT or SRT as a principal control parameter for anaerobic wastewater treatment systems,
in much the same way as it is considered the control parameter of choice in aerobic systems.

2. Materials and Methods
2.1. SAnMBR Design and Operation

Four SAnMBRs (S1, S2, S3 and S4) were used, in which the transmembrane pressure
(TMP) was applied via a gravity head [28]. Each SAnMBR had a working volume of
9.6 L, with 2.1 L of headspace (Figure 1). Each was fitted with a chlorinated polyethylene
flat-plate membrane cartridge (Type 203, Kubota Corporation, Osaka, Japan) with nominal
pore size 0.4 µm and effective surface area 0.113 m2, at a membrane packing density
of 0.012 m2 L−1. The SAnMBRs were fed continuously with the chilled substrate at a
controlled flow achieved by maintaining a constant head differential with the outlet from
the membrane cartridge lumen. The driving force for the passage of effluent through the
membrane was thus gravity-induced, and the TMP could be altered within a range of
1.8–9.8 kPa by changing the differential head. The SAnMBRs could thus be operated at a
constant membrane flux, allowing control of the organic loading rate to be maintained as
the membranes became progressively fouled. Flow was measured on a weighing scale with
32 kg capacity and readable to 1.0 g (Model CBK 32, Adam Equipment Co Ltd., Milton
Keynes, UK), with the weight of collected permeate logged automatically at 5 min intervals.
The internal headspace pressure was maintained at around 0.3 kPa, with biogas released
via a fermentation gas lock into a gas-impermeable collection bag.

In situ cleaning of the membrane was achieved by recirculating headspace biogas
at approximately 0.57 L L−1 of reactor min−1 (corresponding to 48.5 L min−1 m−2 of
membrane surface area) using a stainless-steel sparger and a diaphragm pump (AIRPO,
Ningbo forever Electronic Appliances Co Ltd., Ningbo, Zheijiang, China). This gas flow
also maintained the mixed liquor in suspension. SAnMBR temperature during the experi-
mental period was maintained at 20.5 ± 0.5 ◦C by a stainless-steel internal heat exchange
coil coupled with a thermocirculator (FC15 and FH15V, Grant Instruments Europe BV,
Amsterdam, Netherlands). Feed and SAnMBR temperature were continuously recorded
by solid-state IC temperature probes (LM35DZ, Texas Instruments, Dallas, TX, USA) and a
datalogger (Model U3-LV, Labjack Corporation, Lakewood, CO, USA).

2.2. Inoculum and Substrate

The substrate used was a synthetic wastewater [36], which was prepared fresh each
day as a concentrate and diluted to the required working strength. It was designed to give
a C:N:P ratio of around 100:20:4 and solids contents similar to those of typical municipal
wastewaters [37,38].

The four AnMBRs were seeded from a mesophilic anaerobic digester at a municipal
wastewater treatment plant in Southampton, UK, and the headspace was purged with
nitrogen. To allow temperature acclimatisation they were initially fed with the concentrated
substrate at an organic loading rate (OLR) of 0.5 g COD L−1 day−1 for 48 days (not counted
as part of the trial). A total of 50% of the MLSS was then removed and replaced by tap water
to reduce the solids content. From this point onwards (taken as day 0 of the experimental
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period) the SAnMBRs were fed with substrate prepared by diluting the concentrate to the
required COD strength. The SAnMBRs were then run at different SRTs in 3 experimental
phases (EP), giving a total operational period of 242 days. Details of the applied SRT, TMP
and other operational parameters are given in Table A1.

Two trace element stock solutions were used containing (g L−1): Al 0.1, B 0.1, Co 1.0,
Cu 0.1, Fe 10.0, Mn 1.0, Ni 1.0, Zn 1.0; and Se 0.1, Mo 0.1, W 0.1.
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2.3. Performance and Stability

Membrane performance was evaluated on the basis of the flux achieved at constant
TMP, calculated as described in Pacheco-Ruiz et al. [36]. SAnMBR performance and
operational stability were assessed on the basis of COD percentage conversion, specific
methane production (SMP) per g of COD removed, MLSS and mixed liquor volatile
suspended solids (MLVSS) concentrations, mixed liquor pH, EPS content and composition,
capillary suction time (CST) (Triton Electronics Ltd., Dunmow, Cambridge, UK), and frozen
image centrifugation (FIC) (Triton Electronics, UK). FIC uses a technique in which a ‘frozen
image’ of the sample is generated by matching the frequency of a stroboscopic light to the
centrifuge rotor speed, allowing measurement of the height of the solid-liquid interface in
real time without interrupting the test. The centrifugation speed was fixed at 660 ± 10 rpm
with observations made every minute up to 8 min. COD of fresh feed, feed after chilled
storage for 24 h, and AnMBR effluent was measured using a closed-tube reflux method
with titrometric end-point determination [39]. Biogas composition was analysed by gas
chromatography (GP-3400, Varian Inc., Palo Alto, CA, USA) using 36% CO2 with 64% CH4
(v/v) (BOC, Guildford, Surrey, UK) as a standard gas. Biogas volumes were determined by
a weight-type gasometer [40] and are reported at standard temperature and pressure (STP,
0 ◦C and 101.3 kPa).

Organic loading rate (OLR) and SMP were calculated using the average of the COD
values for the fresh and stored feed. The reported SMP value includes both methane in gas
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collected from the reactor headspace and dissolved methane in the effluent. This allows
comparison of SAnMBR performance under different sconditions since the proportion of
methane that leaves the system in the effluent will differ at different flux rates. Dissolved
methane content was estimated based on Henry’s Law using 20 ◦C saturation concentration.
The resulting average value 29.0 mL CH4 L−1 was confirmed by empirical measurement,
using the method in Walsh and McLaughlan [41].

MLSS and MLVSS concentrations were quantified using Standard Method 2540-D [42].
pH measurements were made using a pH meter (3310, Jenway Ltd., London, UK) calibrated
in pH 4, 7 and 9.2 buffers (Fisher Scientific UK Ltd., Loughborough, Leicestershire, UK).
For the COD mass balance, the only input was influent COD while outputs were taken as
effluent COD, COD in gaseous or dissolved methane and COD in biomass. The last of these
was estimated from daily MLSS removal (g MLVSS day−1) divided by the average ratio of
COD/VSS in the mixed liquor (g COD g−1 MLVSS). COD balances did not consider changes
in stored biomass, as small errors in MLSS and MLVSS measurement could introduce large
variations in the overall result. Thus the COD balances were only valid for steady-state
conditions or other periods with stable solids contents. The COD value of methane was
taken as 2.855 g COD L−1 CH4 based on stoichiometric considerations.

EPS was extracted using the formaldehyde plus NaOH procedure [43], modified in
accordance with Domínguez et al. [44] and Liang et al. [45] to enable identification of
bound and soluble components. Soluble EPS was extracted by centrifugation of mixed
liquor, as suggested by Chabaliná et al. [46]. EPS composition was quantified by measuring
the concentration of carbohydrate and protein using colorimetric methods. Carbohydrate
was determined by the phenol-sulphuric acid method [47], using a glucose standard.
Protein contents were analysed according to the modified Lowry Folin–Ciocalteu method
suggested by Frølund et al. [48], with bovine serum albumin as a standard.

3. Results and Discussion
3.1. Operational Performance

Figure 2 presents graphical data on the operation and performance of the four AnMBRs
during the 242-day experimental period, with results summarised in Tables A1 and A2.
Discussion of key parameters in relation to operating conditions during each phase of the
experimental period is provided below.

3.1.1. Membrane Flux, TMP, MLSS, HRT and OLR

Start-up (days 0–59). After the 48-day temperature acclimatisation phase and follow-
ing dilution, the MLSS in each SAnMBR was initially 16.2 g L−1. No sludge was wasted for
the next 10 days, after which time proportional wasting was introduced with the aim of
applying a SRT of 90 days (Figure 2a). In the following period, a number of changes were
made to the TMP and feed concentration in order to find a combination of conditions that
allowed acclimatisation to an increase in OLR. The TMP was initially set at 7 kPa, giving
an initial flux of 16.1 L m−2 h−1, which after 5 days had decreased to 10.2–11.0 L m−2 h−1

(Figure 2b). This high flux produced short HRTs with low COD removal rates of between
54–64%, and on day 9 TMP was reduced from 7.0 to 2.5 kPa with the aim of reducing the
flux (Figure 2c). The flux remained high, however, at around 9.9–10.6 L m−2 h−1. Thus to
avoid organic overloading, the COD of the feed was reduced to around 160 mg L−1. The
pH immediately rose to 6.9–7.0, and the COD removal rate increased to 74–80%. The OLR
was subsequently increased to 0.9, 1.0, 1.1 and 1.5 g COD L−1 day−1 stepwise at 3-day
intervals by increasing the feed concentration. This led to changes in gas composition,
with a higher methane content indicating greater biogas production, but the last increment
in OLR resulted in a fall in pH to 6.6 and a decline in %COD removal. The OLR was,
therefore, reduced on day 22 to 0.75 g COD L−1 day−1 by reducing the feed concentration,
whilst the flux was maintained at 8.0–8.8 L m−2 h−1. To improve COD removal, on day
28, the flux was then further reduced to around 6 L m−2 h−1 by reducing the TMP to
2.2 kPa (Figure 2c), and from this time onward, SAnMBR performance improved to a
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point where between day 40 and 52 the OLR was successfully raised to 1.0 g COD L−1

day−1. By day 60, stability had been achieved in all four SAnMBRs, with flux rates between
6.3–6.7 L m−2 h−1, and MLSS contents from 12.4–12.7 g L−1 (Figure 2d), COD removal
rates between 88–93% (Figure 2e), and stable biogas composition and production. At this
point, the start-up phase was considered complete.

Experimental phase 1 (EP1, days 60–111). On day 60, the SRT was reduced to 30,
45 and 60 days in S1, S2 and S3, respectively, by increasing the volume of mixed liquor
removed each day, while the SRT in S4 remained unchanged at 90 days. At the start of
this phase, the TMP in all four SAnMBR was 2.5 kPa, while flux rates were 6.7, 6.4, 6.3 and
6.4 L m−2 h−1 in S1, S2, S4 and S4, respectively (Figure 2b,c). As the flux gradually declined,
TMP was adjusted in each SAnMBR individually, with the aim of stabilising at a value of
around 5 L m−2 h−1. Feed concentrations were also modified slightly with respect to the
achieved flux, with the aim of providing a consistent OLR of around 1 g COD L−1 day−1.
The amount of adjustment applied during this phase was, however, much less than that
required in the start-up period.

By day 67, the effect of the applied changes in SRT was already evident in S3, where the
onset of membrane fouling was indicated by the need for substantial increases in TMP to
maintain a flux of 5 L m−2 h−1. Similar behaviour soon followed in S2 and S4, which from
day 80 also needed higher TMPs to achieve the target flux value, while in S1 it became neces-
sary to reduce the TMP as the flux was increasing. At this stage, it was concluded that a flux
of 5 L m−2 h−1 was too high for these experimental conditions. On day 100, the target was,
therefore, reduced to 4 L m−2 h−1, achieved by applying reduced TMPs of 1.8, 2.9, 4.3 and
2.2 kPa in S1, S2, S3 and S4, respectively (Figure 2c). This gave HRTs of approximately 20 h
and a OLR of around 1.0 g COD L−1 day−1, at an average COD concentration in the feed of
860 ± 23 mg COD L−1. Minor variations in feed concentration here were caused by slight
day-to-day variations in batch preparation and in analytical results, with no further delib-
erate adjustments being made to influent strength. In S1, S2 and S4 a flux of 4 L m−2 h−1

was maintained at constant TMP until the end of EP-1. In contrast, the flux in S3 continued
falling irrespective of increases in the TMP, which at the end of this phase had reached
6.3 kPa (Figure 2c), giving a final OLR of 0.9 g COD L−1 day−1 at an HRT of 22.5 h in
this reactor. The changes in SRT were also reflected in MLSS concentrations, with values
between 12.4–12.7 g L−1 in all SAnMBR at the start of the phase diverging to 6.2, 7.3, 8.7
and 11.7 g L−1 in S1, S2, S3 and S4, respectively (Figure 2d).

Experimental phase 2 (EP-2, days 112–160). In response to the changes observed in
EP-1, at the beginning of EP-2 the SRT in S3 was reduced in one step from 60 to 30 days, at
an initial TMP of 6.3 kPa. S1, S2 and S4 remained at their previous SRT of 30, 45 and 90 days
with corresponding initial TMPs of 1.7, 2.9 and 2.2. While flux in S1 and S2 remained
steady at 4 L m−2 h−1 without any adjustment of TMP, flux in S3 continued falling, despite
continuing rises in TMP (Figure 2c). On day 143, the TMP in S3 reached the limiting value
of 9.8 kPa, at a flux rate of 3.6 L m−2 h−1. The flux in S4 remained steady until day 115 when
it began to decline, necessitating increases in the TMP. By day 160, S4 had also reached
the maximum TMP at a flux of 3.2 L m−2 h−1 (Figure 2b). In S1 and S2, the constant flux
rates resulted in stable HRT of around 20.5 h and an OLR of 1.0 g COD L−1 day−1 for both
SAnMBRs. In contrast the continuous decline in flux in S3 and S4 led to higher HRTs of
28.5 and 26.6 h with OLR of 0.7 and 0.8 g COD L−1 day−1, respectively, at the end of EP-2.

MLSS concentrations in this phase continued to reflect the different SRT, with values in
S1 and S2 stabilising at around 4.4 and 5.8 g L−1, respectively (Figure 2d). The fall in MLSS
in S3 reflected the change in SRT to 30 days at the start of the phase, and the reduction in
applied OLR due to lower flux, which resulted in a MLSS concentration of 4.3 g L−1 in S3
at the end of EP-2. MLSS concentrations in S4 initially stabilised at 10.8 g L−1 (Figure 2d)
but by the end of the phase had fallen to 9.5 g L−1 as a result of the decrease in flux rate
and consequently in OLR.
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At the end of EP-2, S1 had completed 101 days (equivalent to 3.4 solid retention times)
at a 30-day SRT and was, therefore, regarded as having achieved steady-state operation in
these conditions.

Experimental phase 3 (EP-3, days 161–242). At the start of this phase, SRT was reduced
to 20 days in S1, maintained at 45 days in S2 and at 30 days in S3, and reduced to 30 days
in S4. At this point, S4 had completed only 160 days at a 90-day SRT, equivalent to 1.78
solid retention times or approximately 83% washout of the MLSS originally present at the
start of EP-1, but it was clear that operation was no longer sustainable within the limits of
the target flux and TMP. As an alternative to the slow reduction in MLSS content occurring
in S3, however, MLSS in S4 was reduced abruptly from 9.1 to 7.2 mg L−1, targeting a value
close to that expected for a 30-day SRT.

In the case of S4, this reduction was achieved by removing a known volume of
mixed liquor and replacing it with influent, to maintain a constant working volume in the
SAnMBR. The process was repeated on four consecutive days, until the MLSS concentration
approached the target value. The daily volume of mixed liquor replaced was 700 mL on
days 160 and 161, and 400 mL on days 162 and 163.

In S1 at a 20-day SRT, the flux during this phase was successfully maintained at
4 L m−2 h−1, with only a slight TMP increase to 2.2 kPa. In contrast, flux in S2 at a 45-day
SRT remained steady at 4 L m−2 h−1 until day 180 when it began to fall, necessitating
repeated increases in TMP (Figure 2c). By day 216, TMP in S2 had reached the limiting
value of 9.8 kPa, and from then on flux continued gradually to decline, stabilising at around
3.2 L m−2 h−1 by the end of EP-3. Flux in S3 at a 30-day SRT continued to fall (Figure 2b),
reaching its lowest value of 2.7 L m−2 h−1 on day 183. After this it slowly recovered, up to
the 4 L m−2 h−1 target by day 228 (Figure 2b). Over the next 5 days, TMP in S3 was reduced
to 6.5 kPa, while flux remained steady at 4.1 L m−2 h−1 to the end of the experiment.

The sharp reduction in MLSS in S4 produced an immediate increase in flux, reaching
4 L m−2 h−1 by day 200 (Figure 2b). Over the next 10 days, the TMP was reduced to 3.8 kPa,
while a steady flux of 4.1 L m−2 h−1 was maintained until the end of EP-3.

In S1 at a 20-day SRT, the HRT and OLR remained steady at around 21.0 h and
1.0 g COD L−1 day−1. Similar values were also achieved in S3 and S4 at a 30-day SRT
once they approached the same sustainable rate of 4 L m−2 h−1. In S2 at a 45-day SRT a
continuing slow decline in flux increased the HRT to 26.3 h with a corresponding fall in
OLR to 0.8 g COD L−1 day−1 by the end of the phase.

At the end of EP-3, reactors S1, S2 and S3 had, respectively, completed 82, 183 and
131 days at 20-, 45- and 30-day SRT (equivalent to 4.1, 4.1 and 4.4 solid retention times in
each case), making the results representative of steady-state operation in these conditions.
S4 had completed 82 days at a 30-day SRT, corresponding to 2.73 solid retention times
with removal of around 93.5% of the MLSS present at the start of EP-3. It was, therefore,
regarded as approaching steady-state operation.

The above results indicate the complexity of interactions between SRT, required
TMP, flux, MLSS, HRT and OLR, and factors associated with this are discussed in the
following sections.

3.1.2. COD Removal Rates and TE Requirements

During the start-up period COD removal initially showed quite a high variability,
which stabilised towards the end of the period. COD removal rates were similar in all four
SAnMBRs for the first 20 days of EP-1 at 89–92% (Figure 2e). Differences in SRT began
to affect COD removal during EP-1, however, with S1, S2, S3 and S4 at 30-, 45-, 60- and
90-day SRTs reaching the end of the phase with removal rates of 88%, 92%, 96% and 98%,
respectively. In EP-2, COD removal rates in S1, S2 and S4 stabilised at 85 ± 2%, 93 ± 1%
and 96 ± 1%, respectively. In contrast, the removal rate for S3, in which the SRT had been
reduced from 60 to 30 days, fell steadily from 95% to 91%.

In the first 40 days of EP-3, there was a slight decrease in COD removal in all four
SAnMBRs (Figure 2e), followed by significant falls of 8% and 20% in S1 and S3, respectively,
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between days 204 and 222. It was hypothesised that this was due to a lack of trace elements
(TE), since the shorter SRT in these reactors meant they had the highest overall biomass
turnover, and thus the greatest risk of depletion of essential micro-nutrients. Based on
this, for a 3-day period from day 223, trace elements were added to the feed for all four
SAnMBRS at a dosage of 0.1 mL of each TE solution per litre of dilute influent. This led to
an immediate rise in COD removal in all SAnMBRs, which stabilised at 92%, 97%, 95% and
96% in S1, S2, S3 and S4, respectively, by the end of EP-3. It was, therefore, likely that some
of the decline in COD removal during this period was due to TE deficiencies, but removal
rates after the TE supplementation were still slightly lower at the shorter SRTs. Other
authors [30,31] have also reported slightly higher COD removal rates at longer SRT, though
these studies involved high-strength substrates. In contrast, Huang et al. [33] observed
no significant differences in COD removal rates for low-strength synthetic wastewater at
30-day, 60-day and near-infinite SRT.

Determination of TE requirements in AnMBR is likely to be especially challenging due
to the combined effects of uncoupled liquid and solid retention times with uncertainties on
bioavailability and partitioning. A number of studies have reported the addition of trace
elements to feed without providing detailed justifications of the concentration or dosages
used [14,19,23,33,49]. Yu et al. [50] investigated the effects of individual and combined TE
supplementation on samples from the methanogenic reactor in a 2-phase AnMBR treating
industrial starch wastewater at 37 ◦C.

They reported little effect from low doses, but with an SRT of 200 days and inoculum
from a municipal sewage treatment plant, it is possible that washout of some TE to critical
levels had not yet occurred. Sierra et al. [51] looked at the partitioning of trace elements
B, Co, Cu, Mg, Mn, Mo, Ni, Se and W and at the effect of additional supplementation
with Co and W in an AnMBR treating a highly saline phenolic wastewater. Additional
Co had little effect, but W was beneficial. Doubling the overall TE dose also improved
performance, and they concluded that bioavailability and partitioning were affected by
high salinity. Thanh et al. [26] examined the effects of HRT, SRT and pH on bioavailability
and speciation of Co, Fe, Mn, Mo, Ni and Zn. When reducing the SRT from 100 to 75, 50
and then 25 days over a 60-day period, they found varying depletion rates for different
metals depending on affinity and previous accumulation. While the total trace metal
content fell with the reduction in MLSS, this was partly countered by a change in speciation
towards more bioavailable forms for all metals except Mn and Ni. While these studies
have shown the importance of TE in ANMBR, relationships between TE, SRT and other
operating parameters and optimum dosing strategies for these systems are likely to be key
areas for future work [51,52].

3.1.3. COD Balances and Dissolved Methane

COD balances (shown in Figure 3) indicated that a substantial fraction of the COD
was converted to methane, including a considerable proportion dissolved in the effluent.
The response to the addition of TE on day 223 can also be clearly seen. COD balances for
steady-state periods closed at between 92–96% in this work.

Small errors in COD balances are typical, and studies reporting better closure tend
to operate with higher strength substrates and/or temperatures or at a larger scale [31].
Closures of 93–94% were obtained for a 20-L SAnMBR treating municipal wastewater at
25 ◦C at HRT from 4–12 h [28], while a slight excess of around 101% was reported for a
5 m3 SAnMBR operating at the same temperature on a similar municipal effluent [1]. The
missing fraction in the COD balance could be attributable in part to small quantities of
biogas leaving the SAnMBRs through the permeate line in gaseous form as bubbles [36]
and by any H2S fraction in the biogas. H2S was not taken into account in the COD bal-
ance as concentrations in the biogas were considered to be low, but the inclusion of this
component may be essential in the treatment of protein- or sulphate-rich wastewaters [53].
Using Henry’s Law to estimate the amount of CH4 in the effluent may also lead to un-
derestimation, as the calculation assumed a saturation concentration, while the elevated
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TMP could cause additional dissolution and apparent methane supersaturation in the
effluent [8]. In such cases, the actual volume of dissolved methane lost would be greater
than the estimated value, especially at lower operating temperatures where saturation
concentrations are higher. Differences between observed and simulated mass flows of
methane in pilot and bench-scale sidestream AnMBRs treating screened municipal wastew-
ater at ambient temperature were attributed to oversaturation [24], but were insufficient
to account for errors of ~20% in COD balances, which may have been linked to the ab-
sence of steady-state conditions as well as to the reduction of sulphates and ferric iron.
Methane oversaturation was also reported in a pilot-scale gas-sparged sidestream An-
MBR operating on screened municipal wastewater at temperatures of 18.8–31.5 ◦C [12].
Yeo and Lee [23] noted variations in dissolved methane content with SRT in SAnMBR at
23 ◦C fed on glucose at 5.2 g COD L−1 with an HRT of 10 days. They reported oversatura-
tion of methane and a lower biogas methane percentage at a 20-day SRT and presented
COD-based balances closing at 3% and 7% for the 20 and 40-day SRT, respectively.
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3.1.4. Specific Methane Productivity

Biogas composition for all SAnMBRs remained stable throughout the three experimen-
tal phases at 78% CH4, 8% CO2 and 14% nitrogen, the latter from headspace equilibration
with atmospheric gases dissolved in the influent. SMP in all SAnMBRs showed the same
trend during start-up, beginning at zero, increasing sharply to between 0.29–0.42 L CH4 g−1

COD as residual feed and intermediate products were consumed, then stabilising at
0.20–0.22 L CH4 g−1 COD. As can be seen from Figure 2f and Table A1, during the stable
operating periods of each phase, the SMP in L CH4 g−1 COD removed (CODrem) was
around 0.23 ± 0.01 for operation at a 20-day SRT in S1; 0.22 ± 0.01, 0.23 ± 0.01 and
0.24 ± 0.01 at a 30-day SRT in S1, S3 and S4, respectively; 0.25 ± 0.01 at a 45-day SRT
in S2; and 0.26 ± 0.02 at a 90-day SRT in S4. SMP at a 60-day SRT in S3 was around
0.23 ± 0.02 L CH4 g−1 CODrem, although full steady-state operation under these condi-
tions was not achieved. These results again demonstrate a decline in SMP at the shorter
SRT, most likely due to the incorporation of a greater proportion of carbon into microbial
biomass at higher growth rates.

This outcome was consistent with the results of earlier research at 36 ◦C [32], with
the lower SMP values most probably due to reduced rates of reaction at a lower operating
temperature. Huang et al. [33,34] also found that SMP rose with increases in SRT in the treat-
ment of low-strength wastewaters. They reported values of 0.13, 0.20 and 0.22 L CH4 g−1

CODrem at SRT of 30, 60 and infinite days respectively in treatment of synthetic wastewater
at OLR from 1.1–1.67 g COD L−1 day−1 [33]; and around 0.03, 0.08 and 0.08 L CH4 g−1

CODrem at SRT of 30, 60 and 90 days, respectively, when treating municipal wastewater
at an OLR of around 1 g COD L−1 day−1 [34]. Their suggested explanation was that the
longer SRT would provide better conditions for methanogenesis, allowing higher biogas
productivity. No reason was given, however, for the very low values of SMP per g of COD
removed when treating real municipal wastewater [34]. SMP values obtained at 20 ◦C in
the current work are higher than those found by Huang et al. [33,34] at 25–30 ◦C. This may
be partly due to the loss of dissolved methane in the effluent, which was not considered
in their first study [33]. The pattern of lower SMP values at shorter SRTs is nevertheless
evident in both of these studies and in this and earlier work at 36 ◦C [32]. Dong et al. [24]
also reported a decline in SMP from 0.13 to 0.10 and then 0.08 L CH4 g−1 CODrem as SRT
was stepped down from 100 to 70 and then 40 days over a 400-day experimental period
when treating municipal wastewater at 23 ◦C.

Consideration of the SMP normalised to MLSS (SMPMLSS) indicated that the biomass
methane conversion efficiency was higher at shorter SRT (Figure 2g), as also seen in prior
work at 36 ◦C [32]. SMP values obtained were similar to those at 36 ◦C, with a maximum
of 0.095 L CH4 g−1 CODrem L g−1 MLSS for operation at a 20-day SRT in S1; and around
0.2 L CH4 g−1 CODrem L g−1 MLSS during a stable performance at a 90-day SRT between
days 110–130 in S4. Data in Huang et al. [33] indicated a higher SMPMLSS value at longer
SRTs, in contradiction to the outcomes both of this study at 20 ◦C and of the earlier research
at 36 ◦C [32]. While the values reported by Huang et al. [33] did not include dissolved
CH4, the same trend was repeated for all trials at a given HRT, whereas in theory, the
effluent methane content in the effluent should be the same in each case. The absence of
steady-state conditions under which stable MLSS concentrations can be achieved makes
it difficult to identify reliable values for normalised SMP from other similar studies. For
higher-strength wastewaters in mesophilic conditions, however, the same trends can be
seen as in the current work. During AnMBR treatment of thin corn stillage, the SMPMLSS of
0.016 L CH4 g−1 CODrem L g−1 MLSS at day SRT of 20 and 30 days was higher than that of
0.010 L CH4 g−1 CODrem L g−1 MLSS for a 50-day SRT [29], while for dairy wastewater 20
and 40-day SRT gave SMPMLSS values of 0.046 and 0.026 L CH4 g−1 CODrem L g−1 MLSS,
respectively [31].
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3.2. Membrane Performance and Fouling Phenomena

This work at 20 ◦C showed that shorter SRT resulted in better performance with
respect to flux but indicated that there was no clear advantage in operating at SRT of
<30 days (Figure 2b). In EP-1, however, a more rapid increase in TMP was needed to
maintain the flux at a 45-day SRT in S2 and a 60-day SRT in S3 (Figure 2c), compared to
that required in S4 at a 90-day SRT, despite considerably higher MLSS concentration in the
latter (Figure 2d). This suggests that the onset of membrane fouling was slower at SRT
of 30 and 90 days than at 45 or 60 days. In EP-2, the required TMP at a 45-day SRT in S2
was above that for a 90-day SRT in S4 until day 120, while the TMP in S3 began rising
sharply from day 106, despite the introduction of a 30-day SRT on day 100, indicating that
performance was better at the longer 90-day SRT. TMP in S4 with a 90-day SRT started
to increase slightly from day 80, although it was only after day 120 that it began to rise
at a rate similar to that seen previously in S3 with a 60-day SRT (Figure 2c). When SRT
in S3 and S4 was reduced to 30 days, this led to a complete recovery in flux to the target
value of 4 L m−2 h−1 (Figure 2b), together with reductions in required TMP. Faster recovery
was seen in S4, however, most likely because of the abrupt drop in MLSS compared to
the slower transition in S3. It should also be noted that the SAnMBR were operated with
in situ gas cleaning only through the experimental period, with no external or chemical
cleaning. These responses thus not only demonstrate the considerable effect of SRT on
membrane fouling but also show that fouling of this type can be at least partially reversed
if an optimal SRT is applied.

The above results confirmed that the effect of SRT on membrane fouling is not simply
due to the corresponding changes in MLSS concentration. Other research shows that
fouling is also affected by components such as EPS, the production of which is strongly
related to microbial growth and hence to SRT [3,19]. Research into the effects of SRT on
fouling and overall performance in AnMBR is still scarce, however, and the interactions
between multiple different factors are often unclear. Work by Huang et al. [33] with
synthetic wastewater as well as prior work at 36 ◦C [32], found that membrane fouling
was more severe at longer SRTs. When treating real sewage, however, Huang et al. [34]
obtained the highest flux rate at a 60-day SRT, with more severe fouling at both longer and
shorter SRTs.

3.3. Mixed Liquor Characteristics
3.3.1. Capillary Suction Time

Results of CST measurements are given in Figure 4a and Table A1. CST values ranged
between 94–569 s, and SRT had a strong effect on the mixed liquor’s ability to retain
moisture: samples taken from SAnMBR operating at shorter SRT released liquid much
more readily than those at longer SRT. During the start-up period, when all four SAnMBR
were operating as replicates at a 90-day SRT, the increase in CST was similar in all cases.
Differences in CST began to appear in EP-1, with values generally higher at longer SRT. By
the end of EP-1, however, CST values in S3 and S4 were similar at 438 and 430 s, respectively,
despite a 25% difference in MLSS concentrations. This result indicates that the 60-day SRT
in S3 represented the least favourable conditions for moisture removal and is reflected in
the fall in membrane flux during this period despite continuing increases in TMP. After
SRT in S3 was reduced to 30 days at the start of EP-2, the CST began to fall. The value
of CST per unit of MLSS (CSTMLSS, Figure 4b) continued to rise, however, showing that
normalised mixed liquor filterability was still dropping. At the end of EP-2, the CSTMLSS
value in S3 was twice that in S4, although S3 was operating at one third of the SRT in S4.

At the start of EP-3, SRT was reduced to 20 days in S1 and to 30 days in S4, in
conjunction with a sharp reduction in MLSS content in the case of the latter. While CST
values in S1 fell gradually, reaching around 100 s by the end of the phase, the sharp MLSS
reduction in S4 produced a much steeper decline in CST, which fell from over 550 to 259 s
by day 207 then stabilised at around 250 s. CST values continued to fall in S3, while in
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contrast, in S2 the CST rose significantly, stabilising at around 480 s, in parallel with a major
fall in flux rate.
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The sharp MLSS reduction in S4 at the start of EP-3 resulted in an almost-immediate
rise in CSTMLSS values, indicating an increase in normalised filterability of the mixed liquor.
This was reflected in the observed recovery in flux, which allowed significant reductions in
the required TMP (Figure 2). In contrast, although CST values in S3 levelled off and then
began to decrease after SRT was reduced to 30 days in EP-2, it was a further 100 days before
the CSTMLSS started to fall. A reduction in SRT evidently produces only a gradual change
in MLSS characteristics, as time is required for any ‘fouling substances’ present or microbial
species particularly responsible for their production to be eliminated from the reactor.
Conversely, if the MLSS concentration is decreased abruptly at the same time as SRT is
reduced (e.g., by replacing a proportion of the mixed liquor as in S4), MLSS filterability can
improve almost instantaneously as fouling materials are removed or disrupted, and the
enhancements in CST and flux occur much more rapidly.

The steady-state CST values of around 100, 480 and 190 s in S1, S2 and S3 operating at
20, 45 and 30-day SRTs, respectively, at the end of EP-3 was higher than those generally
reported for aerobic membrane bioreactors (MBR) treating municipal wastewater, which
are typically on the order of 10 s [54,55]. CSTMLSS values in S1, S2 and S3 ranged from 39 to
113 s L g−1 MLSS, again higher than the normalised values of around 1–2 s L g−1 MLSS for
aerobic MBR. CST and CSTMLSS values for combined or co-mingled primary and secondary
sewage sludges show more variability but typically range from 50–200 s and 2–10 s L g−1,
with digestion sometimes leading to an increase in one or both parameters [56–58]. CST
values of around 70 s were reported for MLSS from a full-scale SAnMBR treating source-
separated blackwater in Spain [59], with the corresponding CSTMLSS of around 15–17 L g−1

MLSS, both similar in scale to those found in the current work. Dong et al. [25] operated
a pilot-scale AnMBR on screened municipal wastewater at 23 ◦C at SRT of 40, 70 and
100 days, and reported a reduction in CST at the shorter SRT, although the system did not
reach steady-state in each case. A similar pattern of reduction in CST at shorter SRT was
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also noted in a cross-flow AnMBR operating at 37 ◦C on thin corn stillage [29]. The authors
reported that CSTMLSS values were similar at a 30 or 50-day SRT, and lower at 20 days, but
again did not complete a full three SRT in all conditions.

3.3.2. Frozen Image Centrifugation

Frozen Image Centrifugation was developed by the UK’s Water Research Centre to
allow assessment of sludge dewaterability and thickening characteristics [60]. Although it
has never been widely adopted in the water industry, it provides the basis for approaches
to the design and operation of dewatering facilities [61,62].

Results from FIC testing are shown in Figure 5a, with the centrifuged sludge volume
expressed as a percentage of the original MLSS sample at one-minute intervals during
the FIC test. Values normalised against the original MLSS concentration are shown in
Figure A2 in Appendix A. Similar to the CST values, these FIC results show clearly that
SRT had a significant effect on solid-liquid separation, with MLSS samples taken at short
SRT much more readily separable than those at longer SRT. As can be seen from Figure 5a,
the rate of separation in the first few minutes of centrifugation was also considerably more
rapid in SAnMBRs at shorter SRT, and the final sludge volumes were achieved in a shorter
time. At the end of EP-3 the final sludge volumes for FIC tests were 13%, 18% and 29%
at 20, 30 and 45-day SRT in S1, S3 and S2, respectively, while the corresponding final
centrifuged solids concentrations were 20.1, 19.6 and 14.9 mg L−1 and separation rates in
the first minute were 5.25, 3.75 and 0.50 mm min−1. After one minute of centrifugation, S1
and S3 were close to their final volumes, while S2 was still compacting at the end of the
test. Similar values at a 30-day SRT were also found in S1 at the end of EP-2 and S4 at end
of EP-3, indicating some replicability of results.

One benefit of the FIC test is its ability to provide information on several aspects of
dewaterability, all of which are potentially important with respect to equipment design and
operating costs. The potential for a high ultimate solids concentration, for example, may be
less significant if the time required to achieve it is inordinately long [62]. FIC can also reveal
details and nuances not readily observable in other tests. In the current work, for example,
from day 154 onwards, three separate phases were seen in many of the test samples. These
consisted of a clear supernatant, then a distinct cloudy white layer overlying the darker
layer of centrifuged sludge solids (Figure 5b). Times at which these layers were present
are indicated by solid bar-colouration in Figures 5a and A1, and it can be seen that they
remained visible for longer in samples taken from the SAnMBRs operating at longer SRT.
The proportion of the test run during which three phases could be distinguished increased
in S2 at 45-day SRT, but fell in S3 where the SRT had been reduced from 60 to 30 days,
corresponding to improvements in TMP and CST. The appearance of the third phase of
this type was also noted in FIC tests on digestate from sugar beet pulp [63]: it was referred
to as the light fraction and constituted a high molecular weight material most probably
composed of EPS and/or soluble microbial products. Its presence was more evident during
periods of foaming, which, such as poor dewaterability, is associated with high sludge
viscosity and EPS content. After the change from 60- to 30-day SRT in S3 at the end of
EP-1, the CST remained high while final sludge volumes in the FIC test fell. Normalised
values of both parameters continued to rise for almost 100 days, however, before dropping
quite sharply around day 211. In S4 where the change to 30-day SRT at the end of EP-2
was achieved by MLSS dilution, a sharp fall in CSTMLSS after day 189 corresponding to a
rapid increase in the separation rate at the start of the FIC test, matched by a reduction in
time needed to reach the final volume. The reasons for these delayed but sudden shifts
are unknown: they may be related to the passing of a threshold concentration for some
component in the MLSS, or even to quorum behaviour of MLSS and biofilm organisms, a
topic of growing interest for AnMBR performance and fouling [10,64].
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Figure 5. Mixed liquor centrifugation during experimental period: FIC test—Separated sludge
volumes as % of original sample volume in (a) S1, (b) S2, (c) S3 and (d) S4, (e) separation phases
during FIC test in centrifuged mixed liquor from S2 on day 204. Vertical dotted lines indicate start of
experimental phases.

Several researchers have investigated relationships between parameters such as CST
or specific resistance to filtration (SRF) and MLSS dewaterability, membrane flux and
fouling in both aerobic and anaerobic MBR [25,29,59,65]. CST is generally considered
to be one of the most useful parameters because it shows a reasonably good correlation
with membrane performance and is relatively easy to evaluate on-site [27,35]. In the
current work, regression analysis was carried out to investigate any relationship between
applied TMP (as an indicator of filterability and membrane fouling) with CST and FIC.
However, in both cases, interpretation was made difficult by periods at maximum TMP.
Although neither showed a very strong correlation, the relationship between TMP and
CST was generally stronger than for TMP and FIC. This is as might be expected as the
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water removal mechanism in a CST test where liquid is drawn through the MLSS is
more similar to that in membrane bioreactor than in FIC. Several authors have noted the
importance of using a type of test, which reflects the dewatering technology [66,67], and
FIC testing has greater similarity to both sludge thickening and centrifugation. The value of
expanding the range of tests currently utilised for sludge characterisation was emphasised
by Spinosa and Doshi [68], and further work on FIC and other tests is needed to provide an
enhanced understanding of different parameters and the significance of the relationships
between them.

3.3.3. Extracellular Polymeric Substances

Under steady-state conditions at the end of EP-3, bound EPS concentrations at 20,
30 and 45-day SRT were 378, 483 and 511 mg L−1 in S1, S3 and S2, respectively. Specific
values normalised against MLSS were around 165 mg g−1 VSS for the SAnMBR at 20 and
30-day SRT, and slightly lower at 134 mg g−1 VSS at a 45-day SRT. Other authors have
also reported higher EPS content at shorter SRT: examples include treatment of municipal
wastewater in a sidestream AnMBR at SRT ranging from 19–217 days, although steady-state
operation was achieved only at the 19-day SRT [22]; and of synthetic wastewater at 31 ◦C
in a AnMBR with a ceramic membrane at 100, 50 and 25-day SRT [69], although with full
steady-state operation for the 25-day SRT only.

As can be seen in Figure 6a,b, for much of the experimental period, the specific
concentrations of bound protein and carbohydrate were highest in S1 operating at a 30-day
and 20-day SRT. When SRT in S3 was reduced from 60 to 30 days at the start of EP-2,
however, specific concentrations increased in this reactor, with the carbohydrate content
rising first. Specific protein and carbohydrate concentrations also increased in S4 after the
SRT was reduced to 30 days at the start of EP-3. At the end of the experimental period,
both the specific bound protein and the bound carbohydrate concentrations were lowest in
S4 at a 45-day SRT, and higher in the SAnMBR at shorter SRT. Huang et al. [33,34] found
higher specific protein contents in EPS at a 30-day SRT than at longer SRT, and suggested
that this might produce larger flocs with a lower membrane fouling propensity. They also
noted that long SRTs were associated with smaller median particle size, as the lower EPS
content reduces flocculation, and hence promotes more rapid fouling. These suggestions
appear to be consistent with the outcomes of the current work.

There was also evidence of a relationship between soluble EPS content and membrane
performance at longer SRTs. As can be seen in Figure 6c,d, the specific carbohydrate and
protein concentrations of soluble EPS in S3, which had shown the most rapid fouling
of all at a 60-day SRT, were generally higher than in the other SAnMBRs. After SRT
in S3 was reduced to 30 days from the start of EP-2, the specific soluble protein and
carbohydrate contents continued rising until around day 205 when they finally reduced.
At that point, the CST value also fell, the rate of separation in the FIC test increased, and
the flux began to recover. Conversely, towards the end of EP-3, the specific soluble protein
and carbohydrate contents in S2, operating at a 45-day SRT, increased relative to the other
SAnMBRs, which at that point were all running at shorter SRTs. This corresponded to the
period in which CST values in S2 began to rise and flux to reduce, despite an increase in
TMP, to 9.8 kPa. This reactor reached the end of the experiment with the highest soluble
protein and carbohydrate contents (specific and absolute), highest TMP, highest CST and
FIC values, lowest separation rate in the FIC test and lowest flux.

Huang et al. [33] found that the concentration of soluble microbial products was
inversely related to SRT, while higher SMP carbohydrate and protein contents at longer
SRT resulted in higher fouling rates. In contrast, when real municipal wastewater feed
was used, the minimum specific and absolute values for SMP carbohydrate and proteins
were found at a 60-day SRT [34]. This was attributed to incomplete substrate degradation
at the 30-day SRT, and an increased concentration of residual cell materials at the 90-day
SRT. Although EPS and MLSS concentrations were lowest at the shortest SRT, this was
insufficient to counteract the fouling effect of the higher SMP content. Soluble microbial

158



Processes 2021, 9, 1525

products were not measured in the current study, but this explanation may be partly
supported by the results of this experiment and of the previous work at 36 ◦C [32], which
showed no further enhancement in membrane performance at SRT of <30 and <25 days,
respectively. Laspidou and Rittmann [70] proposed that under some conditions soluble
EPS and SMP may be similar, although other researchers were unable to confirm this [71].
Trends in bound and soluble EPS observed in this work are consistent with those in other
studies carried out under steady-state conditions, where the consensus is that bound EPS
tends to be high at shorter SRTs while microbially-induced SMP concentrations tend to
decrease [33,34]. Given that soluble EPS also decreased at shorter SRTs in the current work,
it can be concluded that even if it is not identical to SMP, its relationship to SRT and its
effects on membrane fouling are closely similar.
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(c) soluble protein, (d) soluble carbohydrate. Vertical dotted lines indicate start of experimental
phases. Values for control parameters (SRT and TMP) in each phase are shown in Figure 2 and
Table A2.
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EPS content was not measured in the previous work with the same wastewater at
36 ◦C [32], and thus the effect of temperature in the current study is unknown. EPS and
soluble microbial products normalised to MLSS content were reported to increase with
decreasing temperature in a flat-sheet SAnMBR fed on a synthetic municipal wastewater
at 25, 15 and 10 ◦C [14]. The ratio of protein to carbohydrate also rose with decreasing
temperature, leading to higher rates of fouling at low temperatures. The applied SRT was
not reported, however, thus it is likely that this was high and determined only by the
withdrawal of samples for analysis. Similar trends in EPS and soluble microbial product
concentrations were observed in two hollow fibre SAnMBR fed on synthetic wastewater at
25 and 35 ◦C with an SRT of 370 days [72], and in a hollow fibre SAnMBR fed on municipal
wastewater at 25, 20 and 15 ◦C at SRT of 93.9, 40.3 and 20.7 days, respectively [73], although
the operating periods under each set of conditions were less than 3 SRT. Kong et al. [1]
operated a 5 m3 pilot-scale SAnMBR with a HFM unit on municipal wastewater for over
200 days at 25 ◦C. No change in EPS concentration was observed when HRT was varied
between 6–24 h, but SRT was not reported.

EPS and soluble microbial products were characterised in flat-sheet SAnMBR treating
low-strength synthetic wastewater at 25 ◦C and operated at various OLR [19]. Properties
were linked to membrane fouling mechanisms, but the SRT of the system was near-infinite
as no MLSS was discharged other than for sampling.

While some differences in EPS production and composition were seen in the current
study, these were not sufficiently marked enough to show a clear correlation between
SRT and observed fouling behaviour. Nonetheless, the findings are consistent with those
reported elsewhere. While there may be a specific range of SRT for each system in which
membrane performance can be optimised, however, the effect of EPS concentrations and
compositions on fouling in AnMBR is still not well understood, as a function of SRT or
other operating parameters. For this reason, further work may be needed to assess the
interaction between operational variables, MLSS characteristics and membrane fouling.

3.3.4. Biomass Growth and Kinetics

As well as having a significant impact on mixed liquor characteristics, the MCRT
or SRT controls microbial growth rates, and thus potential growth yield. As previously
seen for the work carried out at 36 ◦C [32], in the current experiment, the biomass yield
appeared to show a sharp increase at each reduction in SRT. This reflected the fact that, as
noted in the Methods section, changes in stored biomass were not taken into account to
eliminate major variations. The apparent increases in yield were followed by a gradual
decrease as conditions stabilised. The stable value was taken as the representative yield for
each corresponding SRT and was equal to 0.131 ± 0.008 g VSS g−1 CODrem at a 20-day SRT,
0.124 ± 0.012 g VSS g−1 CODrem at a 30-day SRT, and 0.114 ± 0.004 g VSS g−1 CODrem at a
45-day SRT. Biomass yields for the 60- and 90-day SRTs are not reported here as steady-state
operation of the SAnMBRS was not achieved for these conditions, and thus representative
values were not available.

The above results confirmed that shorter SRT gave higher biomass yields, in agreement
with prior work at 36 ◦C [32]. These outcomes provide further support for the idea that at
shorter SRT a higher proportion of the available carbon is directed into biomass growth
rather than methane production, thus reducing the substrate SMP. Conversely, at longer
SRT, lower growth rates and increased hydrolysis of MLSS leads to reduced biomass yields
and higher SMP values [24]. In a full-scale system, a shorter SRT with a higher biomass
yield would be linked to larger volumes of waste sludge for disposal and potentially to a
greater requirement for TE supplementation, both leading to higher operating costs.

These low yields are typical of those reported elsewhere for similar systems, including
0.11 g VSS g−1 COD for low-strength synthetic wastewater treatment at 25 ◦C and near-
infinite SRT [74]. Ji et al. [73] found sludge yields of 0.12, 0.19 and 0.388 g VSS g−1 CODrem
with real municipal wastewater at SRT of 93.9, 40.3 and 20.7 days; but the effect was
confounded by accompanying changes in temperature from 25 to 20 and 15 ◦C and the
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system did not operate for 3 SRT in each set of conditions. Sludge yields of 0.07–0.11 g VSS
g−1 CODrem were reported using the same wastewater at 25 ◦C for SRT from 65 days to
near-infinite with HRT from 6–12 h and OLR between 0.7–1.5 g COD L−1 day−1 [28].

The current study showed changes occurring over different timescales, which could
be categorised as follows: (i) those which happen slowly, such as stabilisation of MLSS
concentrations after a change in SRT; these changes cannot easily be accelerated as they are
both growth-mediated and affected by washout rate, although interventions such as partial
removal of MLSS may reduce the time needed to approach stable values. (ii) Those which
can happen more rapidly, such as a response to TE addition or to other factors affecting the
microbial population; as these are metabolically mediated, they can trigger an immediate
response through stimulation or inhibition. (iii) Those which may happen rapidly but after
a delay, such as the observed sharp changes in CST and FIC values following reductions
in SRT, which could be metabolically or physico-chemically determined in relation to
threshold concentrations. The factors that cause these changes may also be interdependent,
and hence to allow full evaluation of their effects on system performance and mixed liquor
characteristics long-term operation is advisable, wherever possible for at least 3 SRT under
a given set of operating conditions.

4. Conclusions

Extended operation of four SAnMBRs at 20 ◦C on a low-to-intermediate strength
substrate with a high suspended solids content was conducted at different SRTs. This
enabled accurate determination of flux rates at specific SRT, accompanied by evaluation
of COD removal efficiencies; estimation of biomass yields; a COD-based mass balance;
physical characterisation of mixed liquors using CST and FIC tests; and analysis of EPS
concentration, type and composition. The results showed that SRT had a considerable
effect on flux rates, with shorter SRT allowing enhanced membrane performance and
improved mixed liquor filterability, at a higher bound EPS content but with lower soluble
EPS concentrations in the MLSS. Operation at shorter SRT led to a reduction in specific
methane productivity and in COD removal rates, accompanied by higher biomass yields.
Whilst no further enhancement of membrane performance was found at SRT of <30 days,
operation at a 60-day SRT resulted in more rapid onset of membrane fouling and declining
performance than at a 90-day SRT. Reduced COD removal rates at shorter SRTs were
probably due to the increased washout of essential trace elements caused by the higher
biomass turnover: this was supported by a rapid recovery in COD removal efficiency after
TE supplementation was carried out. COD removal efficiencies remained slightly lower at
shorter SRTs, however, suggesting that the lower available biomass concentration may also
have affected this parameter. Overall COD removal efficiencies achieved after TE addition
were very close to those seen in an earlier study using the same substrate at 36 ◦C, and the
effect of the lower operating temperature on this parameter was, therefore, considered to be
negligible. CST values gave some indication of changes in membrane performance, while
frozen image centrifugation provided additional insights into MLSS properties and fouling
behaviour, with three separate phases clearly visible at longer SRT. The ability of the FIC test
to identify several parameters such as final solids concentration and rates of solid separation
may also make it especially appropriate for assessing sludge dewaterability in gravity
thickening or centrifugation, and further exploration of this approach is recommended.
Operation over the full experimental period, without chemical or external cleaning, not
only demonstrated the effects of SRT on performance parameters but also indicated that
membrane fouling could be at least partially reversed if an optimal SRT is applied. These
results indicated that responses to a change in SRT may be significantly delayed, probably
as a result of the different timescales on which growth-related, metabolic and physico-
chemical and/or the various interactions between them. Thus confirming the importance
of long-term operation to allow full evaluation of system performance and mixed liquor
characteristics under steady-state conditions. Together with earlier findings from operation
at 36 ◦C, this work confirmed that there are potential trade-offs to be made between
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membrane performance, specific methane productivity and sludge yields when selecting a
suitable SRT for AnMBR systems of this type.
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Table A1. Experimental results; SRT effect on: membrane flux, OLR, HRT, feed COD, effluent COD and COD removal rates.

Parameter SRT TMP Membrane Flux (J) * OLR HRT Feed COD Effluent COD COD Removal Rate
Phase Reactor (days) (kPa) (L m−2 h−1) (g COD L−1 day−1) (hours) (mg L−1) (mg L−1) (%)

Start-up
(day 0–59, total

60 days)

A 90 7.1→ 2.1→ 2.5 16.1→ 6.7 0.50–1.45 5.8→ 12.5 305→ 507 99→ 200→ 59 74%→ 53%→ 89%
B 90 7.1→ 2.1→ 2.5 16.1→ 6.4 0.50–1.47 5.8→ 13.1 305→ 507 100→ 222→ 51 74%→ 55%→ 90%
C 90 7.1→ 2.1→ 2.5 16.1→ 6.3 0.50–1.49 5.8→ 13.3 305→ 507 83→ 213→ 39 79%→ 49%→ 93%
D 90 7.1→ 2.1→ 2.5 16.1→ 6.4 0.50–1.46 5.8→ 13.1 305→ 507 83→ 224→ 62 72%→ 42%→ 88%

EP-1
(day 60–111, total

52 days)

A 30 2.5→ 3.2→ 1.8 6.7→ 5.3→ 4.1 0.98 ± 0.03 12.5→ 15.8→ 20.2 567→ 860 59→ 144 88% ± 1%
B 45 2.5→ 5.1→ 2.9 6.4→ 5.1→ 4.1 0.94 ± 0.04 13.1→ 16.5→ 20.3 567→ 860 51→ 65 91% ± 1%
C 60 2.5→ 6.7→ 4.3→ 6.3 6.3→ 4.2→ 3.7 1.00→ 0.90 13.3→ 17.7→ 22.5 567→ 860 41→ 36 92% ± 2%
D 90 2.5→ 3.2→ 2.2 6.4→ 5.3→ 4.1 0.97 ± 0.02 13.1→16.2→ 20.4 567→ 860 61→ 21 88%→ 97%

EP-2
(day 112–160,
total 48 days)

A 30 1.8 ± 0.5 4.1 ± 0.0 0.98 ± 0.01 20.6 ± 0.2 843 ± 26 144→ 125 85% ± 2%
B 45 2.8 ± 0.6 4.1 ± 0.0 0.99 ± 0.01 20.5 ± 0.2 843 ± 26 65→ 70 93% ± 1%
C 30 6.3→ 9.8 3.7→ 3.0 0.90→ 0.72 22.5→ 28.5 843 ± 26 36→ 77 95%→ 91%
D 90 2.2→ 9.8 4.1→ 3.2 0.97→ 0.76 20.4→ 26.7 843 ± 26 21→ 44 96% ± 1%

EP-3
(day 161–242,
total 82 days)

A 20 1.9→ 2.2 4.0 ± 0.1 0.98 ± 0.02 21.0 ± 0.4 853 ± 21 136→ 228→ 68 84%→ 74%→ 92%
B 45 2.8→ 9.8 4.1→ 3.2 0.99→ 0.78 20.5→ 26.3 853 ± 21 70→ 84→ 22 92%→ 92%→ 97%
C 30 9.8→ 3.8 3.0→ 2.7→ 4.0 0.72→ 1.02 28.5→ 31.5→ 21.9 853 ± 21 77→ 217→ 39 91%→ 75%→ 96%
D 30 9.8→ 6.5 3.2→ 4.1 0.76→ 0.99 26.7→ 21.1 853 ± 21 44→ 91→ 34 95%→ 89%→ 96%

(→) Variable trend: initial→middle→ final; (±) Stable performance: One standard deviation to show spread of data from the average
value under stable performance; (*) Daily average.
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Table A2. Experimental results; SRT effect on: CH4 content in biogas, SMP, MLSS, MLVSS, CST and pH.

Parameter SRT CH4 in Biogas * SMP ** MLSS MLVSS CST
pHPhase Reactor (days) (%) (L CH4 g−1 COD

Removed) (g L−1) (g L−1) (seconds)

Start-up
(day 0–59,
60 days)

A 90 88%→ 93% 0.00→ 0.35→ 0.21 16.2→ 12.7 12.5→10.3 162→ 461→ 117 7.0→ 6.2→ 6.8
B 90 81%→ 92% 0.00→ 0.29→ 0.20 16.2→ 12.5 12.6→ 10.2 122→ 402→ 101 7.0→ 6.2→ 6.8
C 90 76%→ 93% 0.00→ 0.42→ 0.22 16.2→ 12.4 13.3→ 10.0 130→ 449→ 117 7.0→ 6.2→ 6.8
D 90 87%→ 93% 0.00→ 0.42→ 0.21 16.2→ 12.7 12.7→ 10.4 132→ 435→ 131 7.0→ 6.2→ 6.9

EP-1
(day 60–111,

52 days)

A 30 92% ± 1% 0.21 ± 0.01 12.7→ 6.2 10.3→ 5.4 117→ 198 6.8 ± 0.0
B 45 91% ± 1% 0.22 ± 0.02 12.5→ 7.3 10.2→ 6.2 101→ 252 6.8 ± 0.0
C 60 92% ± 2% 0.23 ± 0.02 12.4→ 8.7 10.0→ 7.4 117→ 438 6.8 ± 0.0
D 90 92% ± 2% 0.23 ± 0.02 12.7→ 11.7 10.4→ 9.8 131→ 430 6.8 ± 0.0

EP-2
(day

112–160,
48 days)

A 30 90% ± 1% 0.22 ± 0.01 6.2→ 4.4 5.4→ 3.8 198→215 6.7 ± 0.0
B 45 90% ± 1% 0.24 ± 0.01 7.3→ 6.0 6.2→ 5.2 252→291 6.7 ± 0.1
C 30 90% ± 1% 0.23 ± 0.01 8.7→ 4.3 7.4→ 3.7 407→ 482→ 433 6.7 ± 0.0
D 90 90% ± 1% 0.26 ± 0.02 11.7→ 9.3 9.8→ 8.1 430→ 569 6.8 ± 0.0

EP-3
(day

161–242,
82 days)

A 20 90% ± 1% 0.23 ± 0.01 4.4→ 2.6 3.8→ 2.2 222→ 101 6.7 ± 0.0
B 45 90% ± 1% 0.25 ± 0.01 6.0→ 4.2 5.2→ 3.7 291→ 488 6.8 ± 0.0
C 30 90% ± 1% 0.23 ± 0.01 4.3→ 2.8→ 3.4 3.7→ 2.9 433→ 182 6.8 ± 0.0
D 30 90% ± 1% 0.24 ± 0.01 9.3→ 6.4→ 3.8 8.1→ 3.3 569→ 240 6.8 ± 0.0

(→) Variable trend: initial→middle→ final; (±) Stable performance: One standard deviation to show spread of data from the average
value under stable performance; (*) Normalised to total biogas content in sample (i.e., neglecting air introduced dissolved through feed);
(**) Takes into account the methane dissolved in the effluent.
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Abstract: The combination of a post-Brexit agricultural policy, the Global Methane Pledge announced
during the last United Nations Climate Change Conference in Glasgow (COP26), and urgency
of meeting climate goals means the UK has a unique opportunity to create an exemplar through
recognition of the benefits of small-scale farm anaerobic digesters that valorise on-site wastes for
renewable electricity and heat, cushioning agri-businesses against energy perturbations. To explore
economic viability of farm-based biogas production, combinations of support levels, energy prices,
capital cost, internal rate of return (IRR), and digestate value were analysed, employing a 550-cow
dairy farm with access to other agricultural wastes. A 145 kWe system utilising 100% of CHP
electricity (grid value: £0.1361 per kWh) and 70% of the heat (heating oil value: £0.055 per kWh)
could achieve an IRR above 15.5% with a median electricity tariff of £0.1104 per kWh at a heat tariff
from £0.0309 to £0.0873 per kWh thermal. Under a subsidy-free regime, the same system could
achieve a 10% IRR with electricity prices in the range £0.149 to £0.261 per kWh. High fertiliser prices
could increase digestate value, further improving viability. With late-2021 high energy prices, the
technology approaches subsidy-free viability, but uptake is unlikely unless wider environmental and
societal benefits of on-farm systems can be explicitly valued.

Keywords: agricultural wastes; biogas production; anaerobic digestion costs; economic viability; UK
policy; Brexit; feed-in tariff; renewable heat incentive

1. Introduction

In the last decade, financial incentives based on energy production have created
significant growth in anaerobic digestion (AD) installations in the United Kingdom (UK),
with the number of agricultural plants increasing from 25 in 2010 to 344 in 2020 [1]. AD can
capture uncontrolled greenhouse gas (GHG) emissions from the biodegradation of organic
wastes and from farm management activities [2,3], making a useful contribution to overall
GHG reductions (potentially by 6% for the UK, according to the Anaerobic Digestion and
Bioresources Association [4]), thus helping the UK to meet its Paris Agreement and COP26
Global Methane Pledge commitments. Farm AD, particularly using on-site/local wastes for
biogas generation and recovery of digestate, has myriad benefits beyond renewable energy
generation alone: it can reduce GHG emissions [3,5–7], improve soil organic matter [8],
facilitate improved nutrient management [9–11] thereby reducing the need for artificial
fertiliser [12,13], kill pathogens and weed seeds if appropriately applied [14–16], provide
opportunities for skilled rural employment [17,18], and create additional revenues in rural
areas [19].

Clearly, a breakthrough in deployment of anaerobic digestion does not only depend
on technical aspects and is strongly moderated by incentives provided [20]. Growth in the
UK’s on-farm AD industry started with the introduction of the Pollution Control Grants in
the late 1980s, then stagnated when these were withdrawn in the mid-1990s [21,22]. The
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digesters were relatively small in size, usually under 350 m3, and the biogas was primarily
used in boilers for heating [21,23]. During the eight years prior to the introduction of the
2010 Feed-In Tariff (FIT), only seven projects [24] running on farm feedstocks had been
commissioned under the 2002 Renewables Obligation system, which was designed for
production of renewable electricity.

The AD FIT incentivised electricity production from biogas via combined heat and
power (CHP) units. It was followed by the introduction in 2011 of the Renewable Heat
Incentive (RHI), which was designed to encourage heat use and biomethane production.
Since CHP has relatively low electrical efficiencies of approximately 30% for smaller units
and up to 45% for larger ones, the RHI introduced the possibility of improved AD economics
if most of the CHP heat produced could be beneficially utilised at a relatively low cost.
The policy, however, primarily encouraged the introduction of biomethane-to-grid plants,
with 108 biomethane plants operational when it closed in March 2021, compared to seven
heat-only plants [1].

Incentives that recognise only the energy contributions of AD have encouraged the con-
struction of larger plants with a greater proportion of crop inputs. Agricultural CHP plants
over 250 kWe comprise 68% of the UK total at an average of 1 MWeeq, with agricultural
biomethane plants averaging 789 m3 biomethane per hour or approximately 3.1 MWeeq [1].
Concern over using land to provide feedstock for crop-only digesters led to the requirement
for sustainability criteria to encourage the use of ‘waste’ AD feedstocks and to limit the
amount of crop material fed to digesters [25], which can result in indirect land use change
when land for biofuel crops displaces that used for food or feed. The sustainability criteria
have been built into the Green Gas Support Scheme (GGSS), which was introduced in 2021,
funded by a gas consumer levy and specifically designed for AD biomethane grid injection.
The policy aims to support larger biomethane plants, with the highest out of three tariffs
being paid to installations injecting up to 60,000 MWh year−1 of biomethane into the gas
grid (approximately 750 m3 biomethane per hour).

Most farmers are unwilling or unable to find sufficient feedstocks or to raise the
significant investment required for such a large plant [26], due to factors such as uncertainty
about the future, where best to target new investments and concerns over the underlying
profitability of their farm businesses. Thus, there remains an AD policy gap for UK farmers
who wish to valorise their on-site feedstocks by installing smaller, less capital-intensive
AD systems. Additionally, because on-farm organic wastes such as slurries and manures
contain less energy than an equivalent tonnage of crop biomass, the challenge is to introduce
a mechanism that can make such systems a sufficiently attractive economic proposition for
farm businesses to invest in.

In their life cycle assessments on AD systems, Mesa-Dominguez et al. [27] and
Styles et al. [28] noted that the greenhouse gas balances of AD plants improved by max-
imising waste and minimising crop inputs, utilising any CHP heat produced and covering
digestate stores. Mesa-Dominguez et al. [27] concluded that energy-based incentives do not
create the most sustainable deployment of AD. To illustrate this context, it is worth high-
lighting that a cubic metre of digester space costs the same whether it is fed on 1 m3 of cow
slurry at 23 m3 biogas tonne−1 of fresh feedstock or 1 m3 of maize at 220 m3 biogas tonne−1

of fresh feedstock, but the waste slurry produces only one-tenth of the energy of the crop.
The slurry digester, however, has better overall environmental credentials, mitigating
1449 kg CO2eq tonnne−1 of dry matter [27], because it utilises material that would oth-
erwise create greenhouse gas emissions through its production, storage, and handling.
Mesa-Dominguez et al. [27] concluded that public FIT/RHI funding should integrate con-
sequential life cycle assessment (CLCA) and eco-systems services criteria into sustainability
criteria for the most effective climate protection. In line with this, a CLCA conducted by
Beausang et al. [29] for co-digestion of grass silage and cattle slurry found lower propor-
tions of grass silage to be more sustainable, thus highlighting the environmental benefits of
slurry-based farm AD plants.
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Sustainability criteria were designed into the UK’s non-domestic RHI and GGSS
from the outset, and subsequently added to the accreditation process for the FIT from
April 2017. With the 2020 Brexit withdrawal of the UK from the European Union (EU),
spelling the end of EU agricultural support mechanisms in the UK, an opportunity arises to
include anaerobic digestion in post-Brexit environmental schemes on UK livestock farms,
particularly dairy farms, where it can make significant positive impacts [30]. The policy
dilemma, therefore, is to address how on-farm AD, which utilises local or on-site wastes
can be encouraged in a cost-effective way, particularly to mitigate the GHG emissions
associated with livestock farming, thus valuing the technology for its wider ecosystem
services deliverables (such as nutrient recycling, pollution mitigation, GHG reduction),
rather than simply the production of energy [31]. While this is particularly acute in the UK
due to current changes in regulation and support, similar challenges exist in many countries
trying to encourage the implementation of AD by using financial support mechanisms that
directly influence the digester size [32,33].

A unique opportunity to advance on-farm AD in the UK is currently given for poli-
cymakers. This opportunity is characterised by the following: a prevailing policy gap for
small farm-scale AD to valorise on-site materials such as slurries and manures; the need
to introduce a completely new agricultural policy that values the environment; increased
impetus to meet climate targets; and high current fossil energy prices, which also means el-
evated prices for artificial fertilisers. Such prices favour the on-site production of renewable
electricity and heat, including through AD.

In the light of COP26 aspirations, the introduction of new post-Brexit agricultural
support mechanisms and a current UK policy vacuum for small farm AD that utilises
on-site/local waste feedstocks, the aim of this study is to determine what level of policy
support might be required against the high energy prices such as those that characterize
the end of 2021. The economics of implementing an on-farm AD installation under current
and potential future UK policy regimes are explored, using the Leckford Estate as an
example. An economic model has been developed for this study, underpinned by AD
process data from the University of Southampton’s mass and energy balance model ADAT
(Anaerobic Digestion Assessment Tool), available at http://borrg.soton.ac.uk/resources/
adat (accessed on 18 January 2022). Combinations of heat and electricity tariff support levels,
capital cost, and digestate value that could make farm AD projects viable are explored.

2. Materials and Methods
2.1. The Leckford Estate as Site under Study

To ensure that the situation in practice is adequately captured and the farm perspective
appropriately considered, this study is based on analysing the Leckford Estate by way of
an example. The estate, known as the ‘Waitrose Farm’, covers approximately 1600 hectares
and is part of the John Lewis Partnership (JLP). In line with the ethos of Waitrose and
the JLP, the estate is ‘passionate about sustainable farming’ [34] and the production of
quality food. With an engaged, environmentally aware, and supportive management,
availability of on-site wastes primarily from livestock operations and further feedstocks
from diversification activities, AD is a technology that should be accessible to this and
similar farm businesses.

At the Leckford Estate, an AD case study (not published) was originally carried out
in 2017 by the first author of this paper. For the purpose of this current research, the
situation at the Leckford Estate has been revisited because of the unique opportunity that
the combined conditions under the current post-Brexit policy changes present.

2.2. Feedstock Pre-Assessment and Selection

To enable an assessment of the feasibility of AD at the Waitrose Farm, the various
agricultural operations were examined to identify a range of potential digester feedstocks,
their volumes, and seasonal availability.
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The primary feedstock for the proposed AD installation is slurry and farmyard manure
from the 550-cow Holstein/Friesian dairy herd. This herd size is larger than the UK average
of 155 animals [35], the EU average of 45 [36], and the US average of 297 animals [37],
although it should be noted that such average figures hide large variations in herd sizes,
particularly in the US and UK.

The cows are housed for part of the year (1 November–1 April), with access to grazing
for at least 120 days a year. Approximately 50 of these cattle will not be in milking, so will
be housed on straw yards, producing 75% farmyard manure (FYM) and 25% slurry. The
remaining 450 will be producing slurry. A further 50 cows will be in the ‘dry cow yard’
and will also be producing FYM during the winter housing season. In the summer, half
of these will be out to grass. Of the 500 cows normally in the main accommodation shed,
on average, 300 cows will spend 10 h per day at grass through this period, so 10/24 of the
manure from these animals will not be collected.

Other farm operations generating waste feedstocks include free-range chickens; apple
and pear orchards; grape vines; beef cattle and sheep, which are permanently out to
pasture; a mushroom growing operation; and a cold-pressed rapeseed oil production
facility. Further enterprises that produce small amounts of organic material include a golf
course, a nursery, a farm shop, a lodge/campsite, a guest house, and a café.

In order to provide a conservative biogas production figure, control capital expenditure
and minimise potential process problems, a number of potential feedstocks were excluded
from the final calculation. These included feedstocks that were:

• intermittently produced after long-term in-situ storage and therefore likely to have
little biogas potential;

• in quantities too small to justify the regulatory and equipment costs associated with
its processing; or

• highly lignocellulosic, so less suited to AD, particularly without further processing.

Although there is an arable part of the business and energy crops could be a potential
choice to underpin biogas production at agricultural AD installations [38], the John Lewis
Partnership did not wish to introduce purpose-grown crops as an AD feedstock, thus
maintaining their key focus on food production. Maize silage was, however, considered for
inclusion as an option to improve the economic case for the digestion plant and/or level
out seasonality.

2.3. AD Plant Site Selection and Request for Supplier Quotes

Before contacting potential AD plant suppliers active in the UK market, a suitable site
for the plant installation was identified, based on the following main criteria: a large open
area with suitable road access and proximity to the main feedstocks, existing feedstock
storage, a water supply, and an electricity grid connection.

Three types of AD technology supplier were contacted to provide ‘budget’ quotes
based on the digester location and feedstock types and volumes. These were: a supplier
who designs simple cost-effective farm-based digesters (CAPL), one whose mid-range farm
digester offering could provide automated de-gritting (CAPM), and a third who provides
mainly industrial digesters (CAPH). As all suppliers provided quotes in British pound
sterling (GBP) (£), monetary figures are shown in this currency.

Best efforts were made to ensure that the three quotes encompassed a similar scope of
supply. It is important to note that, at this stage, suppliers use their own feedstock biogas
production values for CHP and digester sizing. Whilst main components such as the tank
and pipework, CHP container, feed system, control system, and any associated pumps
will be included in a quote, many site-specific items may be approximate estimates only or
may be considered out of scope at the budget quotation stage. These items could include
planning, professional fees, road access, security, hardstanding, water supply, drainage,
feedstock storage (e.g., silage clamps), rainwater/effluent catchment, data cabling, electric-
ity supply, cost of electricity grid access, operator amenities, modifications to buildings or
slurry/materials handling systems, permitting, compliance (e.g., bunding), commissioning
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(including cost of initial heating), digestate storage, and separation equipment. Therefore,
quotes received were evaluated against literature data to check for reliability and whether
they were realistic.

2.4. Digester System Modelling Using the ADAT Tool

The University of Southampton’s ADAT mass and energy balance modelling tool [39]
was used for the digester modelling. While several biogas production models are available
online and offline, the ADAT tool, developed under the leadership of the University of
Southampton in the context of various academic projects and support from the IEA (Interna-
tional Energy Agency) Task 37 UK, has a number of advantages, such as transparency about
data assumptions and calculations, inclusion of fertiliser values in the underlying database,
the option to easily add feedstocks as required by the specific user case, and availability of
a comprehensive manual. The ADAT tool has been used in several studies [40–43].

Feedstock volumes were entered into the ADAT model. Where specific feedstocks
were not available within the model, values for total solids, volatile solids, and methane
production were taken from a range of other sources and added to the model as a ‘user-
defined’ feedstock.

Two scenarios for energy use were considered:

1. Digester with CHP electrical production only (referred to as CHP-E scenario)
2. Digester with CHP electricity production and heat use at the mushroom farm (referred

to as CHP-EH scenario)

Table 1 shows the parameters used in the ADAT model for a steel construction digester
with integral gas storage operating at a mesophilic temperature of 37 ◦C located in the
Southampton climatic region. Default ADAT values [39] were used for all parameters
unless otherwise indicated.

Table 1. Main parameters for the farm anaerobic digestion system from the ADAT modelling tool.

Parameter Value Unit

Digester organic loading rate 4.0 kg VS m−3 day−1

CHP electrical efficiency 35%
CHP heat efficiency 56%

Load factor 8000 h year−1

Heating energy source replaced Heating oil L year−1

Digester operational lifespan 20 years

The ADAT modelling tool was used to calculate the total feedstock volume, the
digester size based on loading rate, the retention time, biomethane production, digestate
output, CHP size, CHP electricity production, digester parasitic electrical energy, and
net heat output after allocating required digester heating. The ADAT model can also
calculate embodied energy [39], but as the aim of the study was to establish the potential
economic viability of an on-farm digestion system rather than its carbon footprint, this was
not considered.

2.5. Economic Modelling

Based on the ADAT model output and the three supplier quotes, a purpose-built
economic model was created in Excel to explore the economic outcomes of the two energy
options (CHP-E scenario, CHP-EH scenario). The economic model integrates the following
three key parameters: (1) capital expenditure; (2) energy production expectations; (income
and savings); and (3) operation and maintenance costs as described below.

2.5.1. Capital Expenditure

Budget digester cost from the suppliers is the main cost element considered here. It is
also possible to include other costs such as planning, grid connection, consultants, digestate

173



Processes 2022, 10, 212

storage, groundworks, water supply, commissioning boiler fuel, permitting, and where
applicable, heat meters, heat pipe, and trenching. In order to maintain a similar scope
of supply and to minimise any skewing of budget costs, none of these other costs were
specifically included in the economic viability calculations in the current study.

For the CHP-EH scenario, the following costs were added: heat pipe at £100 m−1,
pipe trenching at £8 m−1 (based on Estate costs), heat meters at £1000, plus a contingency
margin of 3.7% of these total costs.

2.5.2. Energy Production

Figures derived from the ADAT model were included here: gross energy production,
CHP size, CHP electrical efficiency, load factor, and electricity production based on the
load factor.

For the CHP-EH scenario, the following additional parameters were considered: CHP
heat efficiency and heat production based on the load factor.

2.5.3. Income and Savings

In order to ascertain what savings might be achieved through electricity and heat
generation, net heat and electrical energy values are calculated after deduction of ADAT-
derived digester parasitic heat and electricity values, respectively. The model allows a
percentage of the net electricity to be used on site to displace bought-in electricity, with
the remainder exported at £0.0557 kWh−1 [44]. Where excess CHP heat can be beneficially
utilised on site, the model allows a percentage of heat to displace fossil fuels such as
heating oil, liquefied petroleum gas (LPG), or natural gas. In this case study, heating oil
was displaced.

Although the UK no longer has incentives designed specifically for heat or electricity
production from biogas, historical tariff values exist, and provide an indication of the
support levels that government deems practicable in terms of both budget and levels of
deployment. Therefore, the model utilised selected tariff levels from the Feed-in Tariff
(FIT) for electricity production [44] and the Renewable Heat Incentive (RHI) for heat
production [45]. FIT levels were banded in order to provide smaller systems with greater
tariff support. Between the FIT introduction in April 2010 and September 2011, these
systems would have fallen into a sub-500 kWe CHP band; thereafter, they would be
included in the sub-250 kWe CHP band.

The FIT tariff levels currently available [44] are higher than they were at the inception
of the scheme, since they are index-linked and therefore adjusted annually in line with the
UK Retail Prices Index (RPI). AD FITs for the relevant CHP capacity band were extracted
and analysed for the highest (FITH) and lowest (FITL) values. To facilitate fiscal man-
agement of this fixed budget, the FIT scheme also included a degression mechanism that
reduced tariffs as deployment increased, meaning that there was a significant difference
between these two figures, so a median figure was also calculated (FITM).

A similar exercise was carried out to ascertain the minimum and maximum RHI tariff
levels, RHIL and RHIH, respectively. Although the RHI scheme also included a degression
mechanism, the differential between these two figures was not large, so a median figure
was not calculated. Both tariff levels are given in Table 2.

Nutrients in digestate have a potential value because they can reduce or eliminate
the need for fossil fertilisers [46]. The model calculates potential savings in fertiliser costs
associated with digestate utilisation, but inclusion of these is optional since this value has
historically been hard to realise.

Fertiliser values in terms of nutrients contained can be based either on ADAT fig-
ures [39] or on the RB209 farm nutrient management guide standard values for farm
sourced digestate [47]. For the purposes of the case study, RB209 figures of 3.6 kg tonne−1

(total N), 1.7 kg tonne−1 (P2O5), and 4.4 kg tonne−1 (K2O) [47] were used since reliable
nutrient data for the user-defined feedstocks in the ADAT model could not be ascertained.
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Current market prices for equivalent fossil fertilisers were obtained [48] in order
to provide a value for each kilogram of each nutrient. These fertilisers were ammonium
nitrogen at 34.5% N content, triple super phosphate (TSP) at 46% P2O5 content, and muriate
of potash at 60% K2O content. The sum of these individual nutrient prices represents the
displaced cost of synthetic fertiliser.

Table 2. Economic model parameter values.

Parameter Value Unit Notes

FIT (feed-in tariff) rate
£0.0465 (FITL)
£0.1104 (FITM)
£0.1814 (FITH)

£ kWh−1

2021 rate, indexed. From low of
£0.0465 kWh−1 (start 1 January 2019) to high
of £0.1814 kWh−1 (start 30 September 2011),

as well as median of £0.1104 kWh−1 [44]

Cost of electricity replaced
by on-site production £0.1361 £ kWh−1 Electricity average prices purchased by

non-domestic consumers in UK [49]

RHI (renewable heat
incentive) rate

£0.0309 (RHIL)
£0.0873 (RHIH) £ kWhth

−1
2021 rate, indexed. From low of £0.0309

Whth
−1 (1 July 2017 tariff) to high of £0.0873
Whth

−1 (before 1 April 2016) [45]

Cost of heating fuel replaced
(diesel/heating oil) £0.055 £ kWh−1 Converted from price per litre using net

calorific value of 35.73 MJ per litre [50]

Digester operation and
maintenance (O&M) costs 2.5% Percentage of capital

value 2–3% indicated in literature [51]

CHP O&M costs £0.017 £ kWh−1 produced
Literature data available: £0.0075 to £0.014

kWh−1 [51], £0.03 kWh−1 [52]

Labour £12.50 £ h−1 Approximately 2 h daily [53]

2.5.4. Operation and Maintenance (O&M) Costs

As outlined in Table 2, these include AD operator wages, as well as annual permitting,
insurance, and rates. Digester and CHP maintenance costs are also included here.

2.5.5. Economic Viability Calculations

An internal rate of return (IRR) is calculated based on the capital cost, total in-
come/savings, total operational/maintenance costs, and a Retail Price Index (RPI) of
102%. It is assumed that short-lived equipment will be replaced every 5 years at 4% of the
original capital expenditure and that, additionally, 20% of the original capital expenditure
will be spent every 10 years [23]. The IRR is calculated over 20 years.

The internal IRR target for JLP in 2017 was 16%, although, the company recognised the
wider environmental benefits of projects such as an AD installation, and so was prepared
to consider lower returns.

Based on the ADAT model output and the three supplier quotes, the economic model
was then used to explore the economic outcomes of the two energy options (CHP-E scenario,
CHP-EH scenario) with the aim of answering the following questions:

• What internal rate of return (IRR) might be achievable by adjusting subsidy levels to
the historical highest (FITH), median (FITM), and lowest (FITL) FIT tariff?

• Using the highest/median/lowest FIT/RHI subsidy levels as appropriate, what capital
cost is required for the digester to achieve a 16% IRR?

• What level of policy support might be required against a background of high energy
prices as witnessed in 2021?

The capital cost of digesters has not historically decreased, particularly for large
systems that are complex and expensive civil engineering projects. Nevertheless, precedent
exists for small digesters, which are modular and off-the-shelf, with minimal expensive site
work, thus reducing capital costs [21].
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3. Results and Discussion
3.1. Methane Generation and Digester Design

Table 3 shows the feedstocks as entered into the ADAT model and the resultant
methane production estimates; where values were not available within the model, methane
yields were taken from the sources shown in the notes. Feedstocks themselves can be
variable within a single farm or even within a silage clamp, for example, so some suppliers
recommend lab tests be carried out to ascertain site-specific values. Feedstock characteristics
for mushroom waste were estimated based on typical energetic nutritional values for raw
mushrooms with a 50% reduction for spoilage to give a conservative estimate of methane
yields. Thus, this waste accounted for approximately 1.4% of the total methane production.
For regulatory purposes, all feedstocks are likely to be considered as wastes, thereby
meeting incentive scheme sustainability criteria, although interpretation across different
schemes varies in practice.

Table 3. Potential AD feedstocks and corresponding methane production.

Feedstock FM (tonnes
year−1)

Seasonal/
Variable? Notes TS (in % of

FM)
VS (in % of

TS)
CH4 (m3

tonne−1 VS)
CH4 (m3

year−1)

Dairy cattle slurry 1 8017 Yes Cattle out in April to October;
dairy and heifer units 9% 83% 185 110,792

Farmyard manure
(FYM) 1 4432 No

High straw content; batch
mucking out; dairy and heifer

units. Chopped straw
recommended.

25% 80% 190 168,412

Mushroom stalks
and waste

mushrooms
568 Yes Supply and demand variable 8% 85% 135 5217

Rapeseed press cake
and filter waste 1 157 No

Some could be used as cattle
feed or potentially sold off

as feed
90.3% 94.7% 430 57,777

Waste milk 109 Yes
Variable depending upon
calving and cattle illness;

standard literature value [54] 2
13.5% 94.7% 564.6 7903

Waste silage (feed) 1 104 Yes Cattle out in summer 30% 94% 350 10,292

Orchard Fruit
(mainly apples,

some pears)
30 Yes

Seasonal, currently left on
trees and/or left to fall; figures

based on Dubrovskis and
Plume [55]

14.53% 96.75% 451 1902

Grass cuttings from
golf course and

grounds
14 Yes KTBL [56] 50% 85% 300 1785

Maize silage Optional No Possible addition to levelise
seasonality 30% 94% 350 variable

TOTAL 3 13,432 364,080

1 Default ADAT values used; 2 Figure refers to whole milk (as reported by LfL [54] for “Vollmilch, Kuh, Frisch”,
English translation: whole milk, cow, fresh); 3 Without maize silage.

Cows are bedded on 1.5 tonnes day−1 of a paper pulp/sawdust product, which has
a dry matter content of 95%. Whilst both paper [57] and paper sludge [58] can produce
biogas, production from sawdust in negligible [59], so a conservative assumption was made
that no additional biogas was produced from the bedding.

Dairy farm substrates (slurry, FYM, waste milk and waste feed) from the 550-cow herd
contribute to 82% of the yearly methane production. In the UK, approximately 1.5% of the
UK’s holdings house 12.3% of the nation’s dairy cows in herds greater than 499 cows [35].
Initial targeting of larger dairy farms (such as Leckford Estate) to improve slurry manage-
ment by the introduction of AD makes logistical and financial sense, particularly where
they are also able to utilise local substrates such as chicken manure in case that the farm
may not have a land base sufficient to spread those nutrients.
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Volumes of the following feedstocks vary throughout the year at the Leckford Estate:

• Mushroom stalks and waste mushrooms—vary due to supply and demand;
• Fruit—apples and pears. Depending upon variety, harvesting can be from August

through to November;
• FYM—slightly seasonal in that more is produced in the winter housing period than in

summer when cows are primarily living outdoors;
• Waste silage—less silage is available in summer when the cows are grazing in fields;
• Grass cuttings from the grounds and gardens are produced primarily between April

and October and are dependent upon weather, grass type (i.e., lawn/rough meadow
grass), and mowing frequency.

The seasonality of these feedstocks does not affect the biomethane production calcula-
tions, as these are on a yearly basis. However, when planning such a scheme, the estate
may need to consider the costs and benefits of strategies such as storage or ensiling in order
to include them in a way that maintains the relatively consistent gas production that a
CHP requires.

For completeness, it is noted that some potentially available biomass types were not
included in the calculation due to small quantities/unreliable availability, poor quality of
material (i.e., too old), or low suitability for AD (e.g., strongly lignocellulosic biomass), thus
relying on conservative figures to avoid any overestimation of the methane generation to
be expected. The following potential feedstocks were not included:

• Spent mushroom compost (SMC) (86 tonnes year−1)—highly lignocellulosic material,
and trials indicate some biogas production [60,61]. However, following a conservative
approach, it was decided not to include this material due to its high straw content.

• Poultry litter (400 tonnes year−1)—litter is removed from the sheds on an annual
basis, so it is likely to be significantly degraded. This is from egg laying hens, so it
also contains an appreciable amount of grit, which can cause silting in many types
of digesters.

• Tree/bush prunings (20 tonnes year−1) and leaf litter (50 tonnes year−1)—woody
materials and therefore not ideally suited to AD [62].

• Food waste—local food waste from a restaurant, several houses, a café, and a campsite
could be included, and generally is a suitable AD co-substrate [63]. However, a
collection round would need to be established and such materials would need to be
shredded, pasteurised, and likely sieved to remove plastics [64]. This would add
considerable cost and the volumes did not currently justify this.

Although these materials were not included in the following calculations, it is worth
noting that with an operational digester, the first two feedstocks could also be trialled in
order to level seasonal feedstock fluctuations.

To ensure proximity to the bulk of the feedstocks, the AD site selected was on the dairy
unit, adjacent to silage clamps, two digestate storage lagoons, a holding tank, a separator,
and with good road access. The site was approximately 2 km from the mushroom farm
where CHP heat could potentially be utilised year-round.

Based on the above quantities of feedstocks included in the assessment, Table 4
summarises the results from the ADAT tool that were utilised in the economic modelling.

The on-site baseload electricity usage, as reported by Leckford Estate (figures not
provided as commercially confidential), comfortably exceeds that of the potential CHP
electrical production so all electricity could be used on site continuously. It was also
confirmed that the mushroom farm could utilise 100% of the heat produced year-round:
this is unusual, but many farms have a heat requirement for agricultural or diversification
activities [65,66]. This is discussed further in the CHP-EH scenario below.
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Table 4. Resultant ADAT model data (to be further utilised for the economic modelling).

Parameter Value Unit

Daily feedstock input 36.8 tonnes day−1

Digester size 1524 m3

Retention time 31.9 days
Biogas production 609,796 m3 year−1

Methane production 364,083 m3 year−1

Volatile solids (VS) destroyed 744 tonnes year−1

Digestate 12,688 tonnes year−1

CHP electrical capacity 145 kWe
CHP electricity production (gross) 1157.9 MWh year−1

Digester parasitic electrical energy consumption 77.4 MWh year−1

CHP heat (net) available after digester heating 1353.7 MWh year−1

Digester parasitic heat energy consumption 499 MWh year−1

3.2. Capital Cost

Supplier quotes received to install the AD plant at the site under study were £900,000
(CAPL), £1,400,000 (CAPM), and £1,600,000 (CAPH). It was assumed that the farm would
provide 100% of the funding without applying for bank loans. If finance through bank
loans were required, as is likely to be the case for many typical UK farm businesses, the
business case would be further detrimentally affected, and thus the assumption of no bank
loan is in line with this study’s approach to analyse whether economic viability of AD is at
all possible.

Despite the fact that suppliers were contacted with a detailed set of data describing the
specific case, it is important to note that they will use their own procedures to frame the AD
plant sizing and to estimate the site-specific requirements, and these assumptions might
be rather complete or not, depending on the level of detail and the degree of complexity a
supplier is ready to include. In general, the cost of such site-specific items means that the
actual capital cost of an AD plant installation varies greatly because the assumed complexity
of the scope of the project varies: for example, a project with a complex planning application
where a road, extensive bunding, and several silage clamps are included as part of the
AD plant finance figure will be considerably more expensive than one of the same size
where these are not required. Additionally, data on costs and their breakdown are often
not readily available, as they are considered to be commercially sensitive information.

Because of this uncertainty around digester costs, quotes were cross-checked against
two sources that provide UK digester historical cost data, albeit based on relatively small
sample sizes. The first was a tool developed by the World Biogas Association, based on
actual historical costs for 64 UK plants [67]. Quotes were also checked against the relevant
CHP capacity band for low, central, and high digester cost cases analysed by Parsons
Brinckerhoff in a 2015 report to the UK government [68].

The costs indicated by the obtained supplier quotes for a system based on a 145 kWe
appeared broadly in line with the central and high Parsons Brinckerhoff historical costs
shown Table 5. In this context, it is interesting to note that the digester cost model developed
by the World Biogas Association [67] suggests that a plant of 145 kWe is likely to have a
cost of £449,500; but the relatively small number of digesters analysed at this scale may
account for the lack of alignment with the supplier quotes.

Thus, the three supplier quotes (capital costs of £900,000, £1,400,000, £1,600,000)
obtained for the site under study are considered realistic, indicating a lower-cost solution
for a simple cost-effective farm-type digester (CAPL), a medium-cost solution (CAPM), and
a solution at industrial standard with elevated costs (CAPH). These figures are therefore
used in the following as a basis for the economic viability calculations.

In addition, for the scenario with heat valorisation, with the mushroom farm located
2 km from the proposed digester site, the capital cost of providing heat to the farm was
calculated to be £225,000 (assumptions are documented in Section 2).
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Table 5. Literature-based data indicating capital costs for a range of digester sizes (derived from
figures available in [68]) and, thus, calculated capital cost for a 145 kWe plant (PBL: Parsons Brincker-
hoff Low Case figure; PBM: Parsons Brinckerhoff Central Case (i.e., median) figure; PBH: Parsons
Brinckerhoff High Case figure).

Capacity Band Low Case Central Case High Case

<250 kWe £3780 kWe−1 £5953 kWe−1 £8126 kWe−1

145 kWe plant £548,100 (PBL) £887,206 (PBM) £1,211,060 (PBH)
250–500 kWe £3685 kWe−1 £5804 kWe−1 £7922 kWe−1

>500 kWe £2835 kWe−1 £4465 kWe−1 £6095 kWe−1

3.3. Economic Viability of the AD Plant with CHP Electrical Production Only (CHP-E Scenario)

Table 6 shows the IRR based on the three capital expenditure levels given by suppliers.
The £900,000 digester (CAPL) would easily reach the 16% IRR under levels FITM (median
feed-in-tariff applicable for UK situation) and FITH (highest feed-in-tariff applicable for a
UK situation).

Table 6. Internal rate of return (IRR) based on three quoted capital expenditure levels (supplier
quotes obtained for the site under study), electricity production only (CHP-E scenario).

IRR with FITL 1 IRR with FITM 2 IRR with FITH 3

CAPL 13.57% 22.76% 32.55%
CAPM 4.45% 12.14% 19.36%
CAPH 1.66% 9.35% 16.13%

1 FITL: £0.0465 kWh−1 (lowest electricity feed-in-tariff applicable for UK situation); 2 FITM: £0.1104 kWh−1

(median electricity feed-in-tariff applicable for UK situation); 3 FITH: £0.1814 kWh−1 (highest electricity feed-in-
tariff applicable for UK situation).

Because of their broad alignment and inclusion in UK Government AD viability
calculations, the calculations were repeated using the Parsons-Brinckerhoff cases [68],
shown in Table 7. Due to the slightly lower capital costs, the model showed an increased
IRR in all use cases.

Table 7. Internal rate of return based on historical Parsons Brinckerhoff figures (as available in [68]),
electricity production only (CHP-E scenario).

IRR with FITL 1 IRR with FITM 2 IRR with FITH 3

PBL 25.4% 39.63% 54.92%
PBM 13.32% 23.15% 33.07%
PBH 6.85% 15.33% 23.20%

1 FITL: £0.0465 kWh−1 (lowest electricity feed-in-tariff applicable for UK situation); 2 FITM: £0.1104 kWh−1

(median electricity feed-in-tariff applicable for UK situation); 3 FITH: £0.1814 kWh−1 (highest electricity feed-in-
tariff applicable for UK situation).

These figures provide an indication of where a positive business case may lie for such
systems. The capital cost of £1.2 million (PBH) to £1.4 million (CAPM) combined with
the mid-range FIT of £0.1104 kWh−1 appears to provide IRRs large enough to warrant
investment, but not so large as to create a ‘boom’ in construction activities.

Aligning historical deployment data with FIT levels at small-scale could shed fur-
ther light on where an economic FIT level might lie, but this analysis is complicated by
several factors:

• There is typically a lag time between the announcement of a FIT level and a digester
being commissioned. Due to the long lead-in times (typically a year or more) required
for financing, planning, and constructing a digester, the UK FIT scheme had a pre-
liminary accreditation mechanism that allowed applicants to ‘lock in’ at a given tariff
level in order to provide certainty of income, and therefore make a project financially
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attractive to lenders. Thus, a digester could have locked into a tariff of £0.16 kWh−1

on a certain date, but by the time the digester was actually built and included in
deployment figures a year later, the tariff on that date could have been much lower.

• The scheme had several breaks [69], which included a ‘fast track’ tariff review and
the temporary removal of preliminary accreditation, which caused breaks in digesters
being commissioned.

• It is difficult to identify these smaller systems in the aggregated total deployment of
all system sizes.

The average FIT level has undergone considerable changes during its lifetime [69].
While the average FIT for an AD plant of the scale 146 kWe was above £0.10 kWh−1 in the
years 2010 to 2015, it fell to lower levels in later years, and was below £0.06 kWh−1 in the
years 2018 and 2019. In any case, when the FIT had dropped to less than £0.05 kWh−1, the
UK’s Anaerobic Digestion and Bioresources Association (ADBA) noted in its April 2017
policy report [70] that the smaller-scale end of the market ‘has been decimated’, adding in
the November 2017 report [71] that only 13 plants under 250 kWe had been commissioned
in 2016. This coincided with the timing of the original case study carried out for JLP in 2017
(report not published), which concluded that the desired IRR could not be achieved at the
more realistic CAPM and CAPH levels using these parameters: a FIT rate of £0.0499 kWh−1,
an RHI rate of £0.0226 kWhth

−1, and energy prices of £0.10 kWh−1 and £0.42 kWh−1 for
electricity and heating oil, respectively.

The 1 April 2015 FIT was set at £0.1013 kWh−1, which when modelled using current
energy prices, provides an IRR in double figures for all cases except CAPH; this therefore
provides a further clear indication of the level of support below, for which few plants of
this size are likely to be built.

3.4. Economic Viability of the AD Plant with CHP and Heat Use (CHP-EH Scenario)

In the case of the site under study in this research, the mushroom farm is able to use
all of the CHP heat produced year-round, and thus full valorisation of the available heat is
assumed. This represents a best-case setting with view to heat usage. The improved IRRs
under this setting, shown in Table 8, reflect the financial benefits of utilising both heat and
electricity.

Table 8. Internal rate of return based on three quoted capital expenditure levels, electricity production
and 100% heat use (CHP-EH scenario).

IRR with FITL 1 IRR with FITM 2 IRR with FITH 3

RHIL RHIH RHIL RHIH RHIL RHIH

CAPL 21.83% 29.20% 28.61% 35.73% 36.27% 43.25%
CAPM 13.00% 18.75% 18.30% 23.62% 24.02% 29.08%
CAPH 10.54% 15.97% 15.55% 20.48% 20.84% 25.47%

1 FITL: £0.0465 kWh−1 (lowest electricity feed-in-tariff applicable for UK situation); 2 FITM: £0.1104 kWh−1

(median electricity feed-in-tariff applicable for UK situation); 3 FITH: £0.1814 kWh−1 (highest electricity feed-in-
tariff applicable for UK situation).

Overall CHP efficiency is increased if a beneficial heat use can be found. It is easier to
use the bulk of the heat produced by a smaller CHP, thus maximising the overall system
efficiency. Leckford Estate is relatively unusual in its ability to utilise heat year-round.
Nevertheless, a dairy farm could use CHP heat for hot water in buildings [65,66], for dairy
washing (which is a highly relevant cost factor for dairy farms, typically amounting to
nearly one third of electricity costs of a dairy unit [72]), space heating, crop drying, and to
improve milk yields by warming cattle drinking water [73,74]. A number of increasingly
common farm business diversification activities also use heat, e.g., greenhouses, campsites
(space and water heating), and local food production operations.

A FIT tariff of £0.1013 kWh−1 has historically resulted in modest digester deployment.
In a scenario where 70% of the heat could be used, it was decided to calculate what level of
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RHI support would be required in order to achieve an IRR of 16% at CAPM and CAPH.
This resulted in an RHI rate of £0.0459 kWh−1 and £0.0859 kWh−1 at CAPM and CAPH,
respectively. This result is broadly in line with the RHIL of £0.0309 kWhth

−1 and RHIH of
£0.0873 kWhth

−1, a level of support which has historically been considered reasonable.
With the end of the FIT in April 2019, electricity generation from biogas has fallen

from regulatory favour, not least because the bulk of the energy produced from even the
most electrically efficient CHP is in the form of heat. In the UK and countries with similar
climates, it is relatively rare to find a year-round heat use, nevertheless, system economics
can be improved by utilising a greater proportion of the CHP heat production. Particularly
in colder climates where there is a much wider variation in the heat demand, not least
for digester heating, the challenge is to ensure that there is sufficient heat produced to
meet the demand. This means that in seasons of low demand, there is a greater excess
of heat. Strategies to address this might include finding a further seasonal heat use, for
example, a diversification activity such as hot water for campers. Conversely, any seasonal
shortfall could be met through other renewables: biomass, solar PV, solar thermal, battery
storage [75].

3.5. Analysis of the Impact of Energy Prices

In view of the recent sharp increases in energy prices across the UK and worldwide,
it was decided to explore the potential for subsidy free support for the production of
electricity while utilising 70% of the heat. Table 9 illustrates what electricity prices (required
non-domestic prices) would have to be in order to achieve economic viability of an AD
plant at the studied site, and includes a less ambitious IRR of 10% in a subsidy-free scenario
where CHP heat is replacing heating oil (at a cost of £0.55 per litre [50]).

Table 9. Minimum economic electricity prices at varying capex and IRR under a tariff-free regime
with 70% heat use.

Electricity Price Required (Pence kWh−1 Electricity Sold) to Achieve
Economic Viability of the AD Installation

Electricity Usage Only Electricity and Heat Valorisation 1

At 10% IRR At 16% IRR At 10% IRR At 16% IRR

CAPL 16.76 20.57 14.92 19.62
CAPM 23.39 29.37 21.59 28.49
CAPH 26.1 32.89 24.26 32.01

1 Replacing heating oil with an average price of £0.055 kWh−1 [50].

With an average non-domestic electricity price for very small non-domestic users of
£0.1734 kWh−1 over the period from the fourth quarter (Q4) of 2019 to the second quarter
(Q2) of 2021 [49], future electricity prices in the region of approximately £0.20 kWh−1 seem
increasingly likely, which would make some scenarios an economic proposition.

These figures [49] show a gradual increase in non-domestic electricity prices from an
average of £0.0416 kWh−1 in 2004 to £0.1361 kWh−1 in Q2 of 2021, an increase of 327%, with
natural gas rising from £0.01254 kWh−1 to £0.0259 kWh−1, an increase of 207% over the
same period. These figures do not reflect the steep rise in wholesale gas prices experienced
in the last quarter of 2021 [76]. Due to worldwide increases and volatility in the wholesale
gas price market, UK prices reached as high as £0.042 kWh−1 [77], affecting both gas and
electricity prices (as 35.7% of electricity is generated using gas [78]).

Support at the lowest FIT rate of £0.1013 kWh−1, coupled with the lowest RHI rate
at £0.0309 kWh−1, an electricity price of £0.1492 kWh−1 and £0.1840 kWh−1 at CAPM
and CAPH, respectively, would provide an IRR of 16%. These values are greater than the
ten-year (2010 to 2019) non-domestic electricity price average of £0.1030 kWh−1. However,
the value of £0.1492 kWh−1, although higher than the current average electricity price
modelled of £0.1361 kWh−1, is certainly within the range of 3rd quarter 2021 prices for
small/medium users (£0.1502 kWh−1 for 500–1999 MWh annual usage) and less than
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that for small users (£0.1534 kWh−1 for 20–499 MWh annual usage) and very small users
(£0.1818 kW−1 for 0–20 MWh annual usage) [49]. This provides a further indication of the
support required if the general trend for average non-domestic electricity prices continue
their gradually increasing trajectory, which has characterised the past seventeen years
(2004–2020) [49].

UK domestic electricity prices are typically higher than the European average, whereas
gas prices are lower [79,80]. This price differential when coupled with the poor building
fabric tends to discourage electrification, and therefore the decarbonisation of heat, par-
ticularly in rural areas where electricity grids may be weak and there is no access to the
gas grid for alternative fuels such as hydrogen. In the face of climate change perturbations
and the complexity associated with fossil energy market forces, it is unclear whether such
volatility will continue [81], since multiple factors such as supply chain issues, energy
systems decarbonisation, and emissions trading scheme carbon prices affect costs [76].

Where energy costs are both high and volatile over a long period, on-site de-centralised
energy generation becomes particularly important and AD at small scale using mainly
wastes becomes increasingly viable, cushioning these important farm businesses against
such volatility and helping the UK and other countries meet their COP26 Methane Pledge
and wider climate goals.

However, unless there is a guarantee that prices will be sustained at such levels, AD
projects are still unlikely to be considered worthy of investment, so some form of support
for technology implementation would still be required, e.g., a minimum price guarantee
or floor price. Energy based incentives which also value the non-energy contributions of
AD to such farms could be an option [7,82]. These could, for example, combine a small-
scale electricity/heat tariff to improve on-site/local energy utilisation. There is an added
opportunity to consider the benefits of AD in the context of the post-Brexit agricultural
policy support schemes.

3.6. Digestate Savings/Income

The value of digestate as a source of nutrients that can displace fossil fuel based
synthetic fertilisers (which can be costed) and as a soil conditioner, which replenishes soil
carbon (which is difficult to cost) was not taken into account in any of the above calculations.
Digestate is often regarded as an expense to the business, particularly for large digesters
where large volumes of digestate require longer transport distances in order not to cause
soil nutrient overloading [83]. Whilst the ADAT tool can include the energetic cost of
transport, this was not included within this economic case study, as digestate was not being
transported any further than the slurry and wastes otherwise would have been.

Digestate can also be separated into liquid and solid fractions to facilitate differential
nutrient application [16]. Prior to the introduction of end of waste criteria, digestate fibre
mixes used to be sold to gardeners [21] as a peat-free option, but the costs now associated
with meeting the requirements [84] are likely to preclude small digesters from this market,
unless costs could be defrayed through, for example, an aggregation mechanism whereby
several smaller operations could be considered as one for the purposes of regulation.

Against a backdrop of high fossil fuel energy prices, the value of digestate can offset
the commensurately high price of fossil fertilisers [48]:

• Nitrogen—34.5% Ammonium Nitrate—£616 tonne−1

• Phosphate (P2O5)—46% Phosphate TSP—£525 tonne−1

• Potash (K2O)—60% Muriate of Potash—£534 tonne−1

Using the above fertiliser costs [48] and RB209 nutrient guide values [47], a tonne of
digestate was calculated to be worth £9.39 or a total of £119,160 in this case study, potentially
further improving the economics of the project under study. For a CAPM RHI digester
using 70% heat with no subsidies and digestate at this price, the IRR is a respectable 12.76%.

The results thus confirm previous reports that recycling such organic materials back
to land in the form of digestate can potentially add value [33,53] while improving the GHG
credentials of the business [75,85].
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The post-Brexit agricultural policy aims to reward public goods, particularly those
related to the environment [86,87], including improved soil health, water quality improve-
ment, and reduced GHG emissions. A well-run AD plant that recycles carbon back to
soils as digestate and captures or avoids otherwise uncontrolled emissions occurring from
biodegradation of organic matter or storage of materials (particularly methane from slurry
stores) can contribute to these aims [1] and as such should be recognised within that
policy [4].

4. Conclusions

As illustrated in this research, small farm-scale AD installations that utilise diffuse
on-site or locally sourced wastes to produce both electricity and heat from a CHP can
improve the overall efficiency and economics over those that do not valorise the heat.
Additionally, they can provide heat at a scale that can often be beneficially utilised. AD
can help cushion such food production businesses against high and/or volatile energy
prices, as well as helping to decarbonise a sector that often uses carbon intensive fuels
for heating. Where rural electricity grids are weak and/or electricity is expensive, on-site
electricity production also provides a route to farm business electrification, increasing
economic options for utilisation of electrical vehicles, agritech, robotics, and more.

The Leckford Estate is a large, diversified farming business owned by a major retailer
with a commitment to sustainability and access to a wide range of local waste feedstocks,
but under the current UK policy regime, which is characterised by a lack of support at
this relatively small scale (145 kWe, 1500 m3 digester), it is uneconomic for the estate to
utilise these resources through AD in order to reduce its carbon footprint and improve their
sustainability in the face of climate change.

As energy prices increase, the required level of support for such projects decreases, but
projects also struggle to put an economic business case together where there is no long-term
pricing clarity or alternative support mechanisms that value the many benefits of AD. The
results of the current study can be used to provide an indication of recommended levels of
support, and a basis for varying them in response to shifting energy prices.

Designing a policy that values these benefits is a challenge for all countries and re-
gions [33], but with the introduction of a new agricultural policy, the UK has an opportunity
to valorise these diffuse organic wastes through small AD, and support farm businesses in
the face of the urgency of the climate crisis and high energy prices.

One potential support mechanism could be to include the ‘public goods’ benefits of
on-farm AD (including greenhouse gas reduction, improved nutrient management, positive
soil organic carbon impact, and strengthened rural development) in the UK post-Brexit
agricultural policy support scheme.
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Abstract: Biogas and biohydrogen, due to their renewable nature and zero carbon footprint, are
considered two of the gaseous biofuels that will replace conventional fossil fuels. Biogas from
anaerobic digestion must be purified and converted into high-quality biomethane prior to use as
a vehicle fuel or injection into natural gas networks. Likewise, the enrichment of biohydrogen
from dark fermentation requires the removal of CO2, which is the main pollutant of this new
gaseous biofuel. Currently, the removal of CO2 from both biogas and biohydrogen is carried out
by means of physical/chemical technologies, which exhibit high operating costs and corrosion
problems. Biological technologies for CO2 removal from biogas, such as photosynthetic enrichment
and hydrogenotrophic enrichment, are still in an experimental development phase. In this context,
membrane separation has emerged as the only physical/chemical technology with the potential
to improve the performance of CO2 separation from both biogas and biohydrogen, and to reduce
investment and operating costs, as a result of the recent advances in the field of nanotechnology and
materials science. This review will focus on the fundamentals, potential and limitations of CO2 and
H2 membrane separation technologies. The latest advances on membrane materials for biogas and
biohydrogen purification will be systematically reviewed.

Keywords: biogas; biomethane; biohydrogen; membrane separation; mixed matrix membranes;
upgrading technologies; thermal rearrangement

1. Biogas and Biohydrogen as Green Energy Vectors

Biogas is produced via Anaerobic Digestion (AD) of residual biomass from diverse
origins such as urban solid waste, livestock waste, agricultural waste, and wastewater. AD
is a biological process (based on the action of micro-organisms) able to convert this residual
biomass, by means of oxidations and reductions of organic carbon, to carbon dioxide
and methane (CO2 and CH4, respectively) in the absence of oxygen [1,2]. This biological
conversion is carried out through a sequence of hydrolysis, acidogenesis, acetogenesis
and methanogenesis steps in an anaerobic digester [3]. Biogas is typically composed of
CH4 and CO2 in a concentration range of 45–85% and 25–50%, respectively, and minor
concentrations of other components such as H2O (5–10%), N2 (~0–1%), O2 (~0–0.5%), H2S
(0–10,000 ppm), NH3 (0–100 ppm) and hydrocarbons (0–200 mg Nm−3) [4,5]. The biogas
produced by AD represents an excellent alternative to fossil-based energy vectors [2], since
biogas can be employed for the production of electricity, steam and heat, as a feedstock in
fuel cells, as a green substitute of natural gas for domestic and industrial use or as a vehicle
fuel [1]. The contribution of biogas in the European Union could account for 10% of the
natural gas demand by 2030 and up to 30–40% by 2050.

Based on the latest report of the World Biogas Association [6], 50 million micro-scale
digesters generating biogas for cooking or heating were in operation, mainly in China
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(42 million) and India (4.9 million). On the other hand, 18,774 large-scale plants devoted
to generating 11 GW (a biomethane plant produces an average of 36 GWh per year) of
electricity were in operation in 2021 in Europe, Germany being the leader in the European
market with 11,279 in 2020 plants (140 plants/1 Mio capita), followed by Italy (1666 in 2020)
and France (833 new plants in 2020) [4,7]. China with 6972 large scale digesters and the
USA with 2200 AD plants in 2015 represented the second and third largest biogas producer
in the world, respectively. The global electricity generation from biogas increased by 90%
in six years (from 46,108 GWh in 2010 to 87,500 GWh in 2016) and by 11.5 % from 2016 to
2020 (from 87,500 GWh in 2016 to 96,565 GWh in 2020) [6,8].

Biogas can be purified and converted into a high-quality biomethane via three se-
quential processes: desulfurization (elimination of the H2S), CO2 removal and biomethane
polishing (removal of the minor biogas contaminants) [9]. The European EN-16723 Standard
for biomethane introduction into natural gas networks (UNE-EN 16723-1-2016) and auto-
motive/vehicle fuel (UNE-EN 16723-2-2017) requires an effective cleaning of biogas. This
UNE-EN 16723-1-2016 standard has resulted in a specific Spanish standard for biomethane
injection into the natural gas grid, requiring a minimum methane content of 90% and a
maximum CO2 content of 2% (v/v) [10]. In 2017, the number of biogas upgrading plants in
the world accounted for 700 plants, Europe being the leading region with 540 upgrading
plants in operation.

At the end of 2020 (the most recent data available), 880 biogas upgrading plants with
a production capacity of 2.43 billion m3 were in operation in Europe (161 additional plants
relative to 2019) [4,7]. By 2021 the increase in the number of biomethane plants is expected
to be even faster since 115 plants have started operation by August 2021 [7].

On the other hand, biologically produced hydrogen (commonly referred to as biohy-
drogen) generated via Dark Fermentation (DF) represents another alternative bioenergy
source [11]. Biohydrogen (bioH2) has the potential to become a relevant H2 generation
platform for the creation of a green economy [12]. In this context, hydrogen has multiple
advantages as a clean energy vector such as: (i) the combustion of H2 gas can be pollution-
free in fuel cells, (ii) its energy efficiency in H2 fuel cells is approx. 50% higher than that of
gasoline, (iii) it has a specific energy content of 122 kJ/g (~2.75-fold larger than conventional
fossil fuels), (iv) its conversion efficiency to electricity could be doubled using fuel cells
instead of gas turbines, and finally (v) it can be stored as a metal hydride.

Dark fermentation is based on hydrogen and carbon dioxide (CO2) production via
anaerobic bacteria [13] and/or algae growing in the absence of light and with high carbo-
hydrate content as substrate [14,15]. The biohydrogen produced is mainly composed of
hydrogen (40–60%) and carbon dioxide (47–60%) with traces of methane and H2S [16,17].
Currently, only 1% of hydrogen is produced from biomass [15]. This fact is probably due to
the relatively late research on bioH2 production by dark fermentation, where research is
still conducted at a laboratory scale with a limited number of experiments at pilot scale [18].
Despite the fact that the H2 yield from dark fermentation is higher than that of other
processes, the main disadvantage of the gas generated during dark fermentation is its
low hydrogen concentration (40–60%; v/v) [19], which hinders its direct use in fuel cells
for electricity generation (where the purity of hydrogen is crucial to achieve high energy
yields) [16]. Therefore, it is crucial to separate H2 from the multiple gas by-products from
DF, mainly CO2, in order to obtain purified hydrogen. For instance, a hydrogen content of
73% can be obtained in a two-step gas membrane separation module [19].

The sustained use of non-polluting renewable energy vector such as biogas and bioH2
is required to reduce the demand and dependence from fossil fuels [20]. Based on the
International Energy Agency, the share of renewable and low-carbon transport fuels should
increase up to 6.8% in 2030 in Europe, with advanced biofuels representing at least 3.6%
of the total fuel consumption. The development of low footprint and cost technologies
for the conversion of biogas to a purified biomethane and bioH2 to pure H2 is essential to
guarantee the competitiveness of these green gas vectors as an energy source.
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2. Biogas and Biohydrogen Purification with Membrane Technology

Nowadays, there are two main types of technologies for biogas purification, physico-
chemical and biological methods, while bioH2 purification is only performed by physic-
ochemical methods. Physicochemical technologies exhibit high energy and chemical de-
mand, and therefore they present large operating costs and environmental impacts. As an
example, this section will only focus on CO2 removal technologies.

Pressure swing adsorption (PSA), cryogenic CO2 separation, scrubbing with H2O,
chemical solutions or organic solvents, and membrane separation, dominate the biogas up-
grading market nowadays [21], while cryogenic distillation, PSA and membrane separation
are the most popular processes for H2 purification at commercial scale [22–24].

Separation of gas mixtures through membranes has become a relevant unitary opera-
tion for the recovery of valuable gases and mitigation of atmospheric pollution, which offers
several advantages over conventional gas separation methods [25]. Indeed, Membrane
Separation (MS) is considered nowadays the most promising gas purification technology.
Membrane separation relies on the interaction (physical or chemical) of certain gases with
the membrane material [26]. The membranes used are selective physical barriers with cer-
tain components that permeate across them [27]. Gas separation by membrane technology
is characterized by selectivity properties and flux, which supports a functional transport of
the target gases across the barrier (permeability). This technology presents a low energy
consumption, a simple operation, cost effectiveness, smaller footprint, a negligible chemical
consumption and low environmental impacts [28,29]. The potential of MS to achieve high
efficiencies of gas separation foster their use in different industrial applications including
refineries and chemical industries, and recent advances in material science render MS a com-
petitive technology [30]. The lifetime of commercial membranes account for 5–10 years [31].
Today, the use of membranes in industry includes the separation of N2 or O2 from air,
separation of H2 from gases such as CH4, separation of CH4 from biogas, separation of
H2S and CO2 from natural gas, etc. The use of membranes in separation processes is
rapidly growing, especially in Europe (Figure 1). Among the available technologies for the
purification of biogas to biomethane, membrane separation is currently the most widely
used technology (39%), followed by water scrubbing (22%) and chemical scrubbing (18%).
Pressure swing adsorption (12%), cryogenic separation (1%) and physical washing (1%)
complete the market share (with the exception of 7% of European biomethane plants, with
no data available in the EBA database) [7]. For instance, Baker (2002), calculated that the
market share of membrane gas separation processes in 2020 would be five times higher than
that of year 2000 [32]. Indeed, the market share of MS for biogas upgrading application
has increased from 10% in 2012 to 25% in 2017 [33]. Likewise, MS has grown exponentially
since the initial commercial application of Prism membranes by Permea (Monsanto) for H2
separation from the off-gas stream of NH3 production plants [26].

A detailed economic study of the total costs of biogas purification is a difficult task
nowadays due to the large number of parameters to be considered. However, Miltner
and co-workers (2017) have published some general estimates and a comparison of the
most common physicochemical technologies such as pressurized water scrubbing, amine
scrubbing, pressure swing adsorption and gas permeation. This study included investment
costs (15 years’ depreciation), plant reliability of 98%, operational consumptions in terms
of electricity and consumables (electricity price 15 €ct/kWh), as well as maintenance and
overhaul (without engineering costs, taxes and revenues). Thus, the costs for an installation
with a capacity of 250 m3

STP/h are in the range of 25 €ct/m3
STP, while these costs drop

below 15 €ct/m3
STP for capacities above 2000 m3

STP/h. This work concluded that gas
permeation is slightly more advantageous for sizes below 1000 m3

STP/h. Overall, small-
scale biogas upgrading entails higher capital and operational costs [34].
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Ideally, membrane materials for gas separation should exhibit a high selectivity and
big fluxes, excellent chemical, mechanical and thermal stability, a defect-free production
and be cost effective. Membranes are classified according to the type of material, config-
uration, structure, composition, support material and industrial reactions, among others
(Figure 2) [35–37]. Four kinds of membranes are typically proposed for development and
commercialization in hydrogen purification: (i) polymeric membranes (organic), (ii) porous
membranes (ceramic, carbon, metal) (iii) dense metal membranes and (iv) ion conductive
membranes, the last three also referred to as inorganic membranes [27]. In this context,
dense-metal membranes and polymeric have experienced the largest advances in terms
of scale-up [38]. The most commonly used polymeric membranes for gas separation are
nonporous membranes, which are classified as glassy or rubbery. Of them, glassy polymers
are most typically used for gas separation applications. These polymers include polysul-
fones (PSF), polycarbonates (PC) and polyimides (PI), which are often employed for the
separation of H2/CH4, H2/N2 and O2/N2 [39]. On the other hand, membranes can be
configured as hollow fibers, capillaries, flat sheets and tubular and can be installed in a
suitable membrane module. The most commonly used modules are pleated cartridges,
tubular and capillary, hollow-fiber and plate-and-frame and spiral-wound systems [40].

H2 separation was one of the pioneered applications in gas separation membranes,
DuPont (E. I. du Pont de Nemours and Co., Wilmington, DE, USA) being the pioneer in
manufacturing small-diameter hollow-fiber membranes. Due to the limited productiv-
ity (or permeance) of these membranes and their high cost, Monsanto Co. (Monsanto
Company, St. Louis, MO, USA) developed polysulfone hollow-fiber membranes, which
considerably increased the transport through the fibers, and consequently were successfully
implemented at industrial-scale for hydrogen recovery from ammonia purge gases [41].
Then, Separex Corp (Champigneulles, France) developed Separex® spiral-wound cellulose
acetate membranes (including separations for natural gas and dehydration [41] providing
better performance than hollow fiber membranes due to their high resistance of hydrogen
impurities [42]. Polymeric membranes, especially polyimides, have been employed to
separate hydrogen from gaseous mixtures (N2, CO and hydrocarbons) based on their
economic viability, easy processibility and satisfactory thermal stability (350–450 ◦C) [43].
Polyimide membranes with excellent heat resistances were introduced by Ube in Japan
(Ube Industries, Ltd., Tokyo, Japan), and the refinery at Seibu Oils (Seibu Oil Company
Limited, Onoba, Japan) was the first facility to apply them commercially [41]. Commercial
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membrane systems provide a H2 purity of 90–95% during hydrogen purification with a
moderate recovery of 85–90% [44].
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At the beginning of the 1990s, gas mixture separation membranes with a poor recovery
of methane and low selectivity were installed for the upgrading of landfill biogas [45].
In 2007, Air Liquide MedalTM further developed and tested new selective membranes
combining high CH4 recoveries with high CH4 concentrations.

Today, membrane-based biogas upgrading can provide methane concentrations of
97–98% in the biomethane with a concomitant methane recovery above 98%, based on the
high permeabilities of CO2 in commercial membrane materials. The permeation rate mainly
depends on the molecular size of the gas components and on the membrane construction
material [46]. Membrane-based biogas upgrading at commercial scale is carried out at
6–20 bar, which entails energy consumption of 0.18–0.20 kWh/Nm3 of raw biogas or
0.14–0.26 kWh/Nm3 of biomethane [9].

In this regard, despite polymeric membranes having consistently demonstrated promis-
ing results and being commercially available at large-scale for hydrogen and biogas purifi-
cation, their use is limited to 8–9 polymeric materials (e.g., cellulose acetate, polyimides,
perfluoropolymer etc.) [47,48]. Therefore, further research in the field of material science
needs to be conducted to achieve new membranes with superior gas separation properties:
higher permeability, selectivity and stability (mainly restricted plasticization) [47].

3. Fundamentals of Membrane-Based Gas Separation

The membrane gas separation process is based on the separation of gases by selective
permeation of one or more gaseous components through a thin membrane (porous or dense
membrane) [49]. The separation potential of the membrane is governed by its transport
properties of the components of a mixture. This transport rate is in turn dictated by the
permeability and selectivity of the membrane material and its driving force [38].

Gas separation takes place according to the morphology of the membrane materials
and can be based on three transport mechanisms depending on the porous size: solution-
diffusion, molecular sieve and Knudsen diffusion (Figure 3). In this context, the transport of
gases by Knudsen diffusion takes place in porous membranes (pore diameter in the range of
50–100 Å), with smaller pore size than the gas molecules. In this mechanism, gas molecules
interact more frequently with the pore walls, colliding with each other, allowing diffusion
of lighter molecules to occur through the pores. The molecular sieving mechanism, with
pore size between 3.0–5.2 Å, is based on the size exclusion of gas molecules, leading to
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the separation of gas molecules of different kinetic sizes. Indeed, the pores only allow the
passage of molecules smaller than that size, preventing the passage of larger ones [26,29].
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co-workers, 2015.

Gas transport in non-porous dense polymeric membranes is most commonly de-
scribed by solution-diffusion mechanisms (used exclusively in current commercial devices),
which allows gases to pass through the membrane free volume units and consists of three
steps [50]: (i) sorption in upstream side; (ii) diffusion through the membrane and (iii) des-
orption at the downstream side. Figure 4 shows a schematic overview of mass transfer by
solution-diffusion, where gas molecules sorb into the high-pressure face of the membrane,
then diffuse through along the membrane and later desorb from the low-pressure face of
the membrane [51]. This mechanism of solution-diffusion is determined by the occurrence
of differences in the thermodynamic activities at the upstream and downstream faces of the
membrane, and the interacting force working among the gas molecules, which depends on
the membrane components and the permeate molecules [52].

A key parameter to evaluate membrane transport properties is the Permeability co-
efficient (P), which refers to the gas flux across a membrane considering the membrane
thickness and pressure gradient (pi,0-pi,l) through the membrane (Equation (1)).

P =
Ni l
∆p

(1)

where Ni is molar flux of a gas component i through the membrane, l is the membrane
thickness and ∆p is the pressure gradient, calculates as the difference between pi,0 (the
upstream pressure) and pi,l (the downstream pressure) [53].

The Permeability coefficient ranges from 10−4 to 104 Barrer as a function of the gas
component and the polymer structure [52]. Permeability coefficients are expressed in mol
(m2·s·Pa) in the international system of units. However, P is typically given in Barrer, where

1 Barrer = 10−10 cm3
STP · cm

cm2·s·cmHg .
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The solution-diffusion model considers that the conditions of equilibrium between
sorption and desorption are maintained. In this context, a solubility coefficient, Si, is
introduced, which is the ratio between the concentration of gas component dissolved in
the membrane material, Ci, and the pressure of the gas, pi, in contact with the polymer
(Equation (2)). The solubility of a gas component i in the polymeric material depends
mainly on the gas molecule condensability.

Si =
Ci,0

pi,0
=

Ci,l

pi,l
(2)

where Ci,0 and Ci,l stand for concentration of the gas component i at the feed and permeate
side, respectively.

On the other hand, the molar flux, Ni, can be expressed as a function of the diffusivity
coefficient (Di) described by the Fick’s Law (Equation (3)):

Ni = DiSi
pi,0 − pi,l

l
(3)

According to the solution-diffusion model, the ability of a gas molecule to pass through
the membrane depends on a kinetic factor, the diffusivity, (Di), which characterizes the
movement of the gas molecules diffusing through the polymer, and a thermodynamic
factor, the solubility, (Si), which characterizes the number of gas molecules passing through
the membrane. Thus, P can be represented as the product of the diffusion coefficient, Di,
and gas solubility coefficient, Si (Equation (4)) [53,54].

P = Di Si (4)

On the other hand, a parameter characteristic of gas separation is the ability of a
membrane to separate two gas components (A and B). Typically, selectivity is also treated
as a material property of the polymer and is represented by Equation (5). The parameter α
is defined as the permeability ratio of the faster permeable gas (PA) between the slower
permeable gas (PB), so that αAB > 1 [52].

αAB =
PA
PB

(5)
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Usually, pure gas permeabilities are used in Equation (5) giving the so-called ideal
selectivity (α). According with the solution-diffusion model, Equation (5) can be reworded
using Equation (4), and the selectivity of diffusivity and solubility can be expressed using
Equation (6):

αAB =
DA
DB

SA
SB

= αD
AB αS

AB (6)

where DA/DB stands for the diffusion coefficients ratio of gas components A and B, while
SA/SB is the ratio of their solubility coefficients. Membrane selectivity determines the
energy needed to support gas separation and directly impacts on the operating cost of a
membrane system [55].

4. Challenges in Polymer Membranes for Gas Separation

The membrane transport properties are governed by factors such as the change in
feed composition and the degree of swelling at the gas–membrane interface. In addition,
other phenomena such as plasticization and ageing influence the transport properties
of membranes. In this context, large contents of condensable gases such as CO2 may
plasticize the membrane material. Nowadays, research in membrane-based gas separation
targets the development of new membranes with increasing permeabilities and selectivities,
with increasing permeabilities without compromising the selectivity or improving the
selectivity maintaining the permeability values. Indeed, the increase in permeability
without compromising selectivity is typically considered one of the main target routes to
expand the market share of membrane materials for gas separation [56].

4.1. Trade-Off Relationship

Membrane gas separation has been used for the purification of hydrogen (in H2/CO2,
H2/CH4 and H2/N2 gas mixtures) in refineries and the petrochemical industry, for the
separation of CO2/CH4 mixtures (in natural gas sweetening and biogas upgrading) and
for the treatment of flue gas (CO2/N2) [24,30,57–59].

As stated above, permeability and selectivity represent key parameters for optimal gas
separation. However, these parameters typically experience a trade-off relationship since
highly permeable polymers tend to have less selectivity and vice versa. In this context, an
experimental upper-bound relationship between selectivity and permeability was proposed
by Robeson in order to benchmark membranes for gas separation [60,61]. This upper bound
has been employed to relate gas permeability values in a different format. Later on, Robeson
1991 and Freeman provided a fundamental theory for this observation [62]. As more data
on the gas separation characteristics of the polymers employed in the analysis published
in 1991 were available, an updated compilation was published in 2008 [60], where the
most significant changes were triggered by the information of perfluorinated polymers not
reported in 1991. These data confirmed that when the permeability of a gas increases, the
permeability of other gases also increases, since the diffusion coefficient of gases is related
to the polymer free volume [53]. Figure 5, displays an example of a Robeson-type trade-off
graph for CO2/CH4, where the CO2/CH4 selectivity is shown against the CO2 permeable
support material [60,61].

Swaidan reported in 2015 new permeability/selectivity “upper bounds” for commer-
cial membrane modules for air and hydrogen separation (H2/N2, H2/CH4 and O2/N2) [63].
The Robeson upper bound behavior was redefined by Comesaña-Gandara in 2019 for
CO2/N2 and CO2/CH4 separations using ultra-permeable Polymers of Intrinsic Microp-
orosity (PIM) [64].

By transferring this trade-off relationship to the Robeson upper bound, the optimum
balance involving a high selectivity in combination with a high permeability is determined.
Nowadays, the research in this field is focused on developing new polymer materials
capable of exceeding the upper bounds for the most relevant gas pairs. The key variables
of the upper bound plots from the upper bound correlations Pi = k αn

i j are tabulated in
Table 1, for the present upper bound data against the previous upper bound data.
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Figure 5. CO2/CH4 Robeson plot for conventional glassy polymers. CA: cellulose acetate; PPO:
poly(phenylene oxide); PTMST: Poly(trimethylsilylpropyne); TB-Bis A-PC: tetrabromobisphenol A
poly(carbonate), Matrimid®: commercial poliimide. Permeabilities for single gases were measured
in the range 25–35 ◦C and pressures from 1 to 20 bar. The continuous line stands for the 2008
upper bound, while dashed line represents the 1991 upper bound (adapted from Galizia and co-
workers, 2017).

Table 1. Tabulation of the values of upper bound slope n and the front factor k. Table adapted from
Robeson, 2008.

Gas Pair k (Barrer) n

Before 2008 Robeson’s bond
[61,65]
O2/N2 389,224 −5.800

CO2/CH4 1,073,700 −2.6264
H2/N2 52,918 −1.5275

H2/CH4 18,500 −1.2112
He/N2 12,500 −1.0242

He/CH4 5002 −0.7857
He/H2 960 −4.9535

CO2/N2 NA NA
N2/CH4 NA NA
H2/CO2 1200 −1.9363
He/CO2 705 −1.220
H2/O2 35,760 −2.277
He/O2 4600 −1.295

2008 Robeson’s bond [60]
O2/N2 1,396,000 −5.666

CO2/CH4 5,369,140 −2.636
H2/N2 97,650 −1.4841

H2/CH4 27,200 −1.107
He/N2 19,890 −1.017

He/CH4 19,800 −0.809
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Table 1. Cont.

Gas Pair k (Barrer) n

He/H2 59,910 −4.864
CO2/N2 30,967,000 −2.888
N2/CH4 2570 −4.507
H2/CO2 4515 −2.302
He/CO2 3760 −1.192
H2/O2 NA NA
He/O2 NA NA

4.2. Physical Aging and Plasticization

Plasticization is a frequently observed problem affecting the performance of mem-
branes for gas separation (mostly from glassy polymers) [66,67]. Plasticization occurs when
the gas concentration inside a polymer increases, causing swelling. As a result, the free
volume and chain movement in the polymer material increase and in turn, the coefficients
of gas diffusion increase and diffusion selectivity decreases [53,68]. A typical phenomenon
observed during plasticization of glassy polymers is the increase in the permeability of a
pure (or mixed) gas as the partial pressure (upstream) of the gas increases [67] caused by
the loss of the polymer selectivity. The permeability increase is driven by the increase in
diffusion coefficient, which in turn is governed by the penetrant (upstream) pressure [69].
CO2 is the gas most commonly investigated in plasticization studies [70–73]. Gas sorption
is known to increase after exposing a glassy polymer to CO2 at a given pressure for a certain
timeframe, which can even affect the mechanical properties of the polymer [74]. For glassy
polymers, plasticization typically occurs at pressures of 10–40 bars and CO2 concentration
of 38 ± 7 cm3 (STP)/cm3

polymer. Since pressure is related to CO2 concentration in the
polymer, it has been hypothesized that each polymer needs the same CO2 concentration to
induce plasticization but a different pressure to achieve it. As a rule of thumb, polymers
that absorb more CO2 are more likely to plasticize than those that absorb less CO2 at a
given pressure [53]. The thickness of a glassy polymer film (membrane) represents a key
factor in the plasticization process because thinner films tend to be more sensitive to CO2
pressure changes. Thus, a thin film tends to plasticize more quickly [75].

There is a wide variety of glassy polymers with outstanding performance in gas sepa-
rations. These materials, by their nature, are not in equilibrium and have a high free volume
due to their inefficient packing (caused by the movement of their chains), which avoids
fully equilibrium properties to be reached [76]. This gradual approach to equilibrium influ-
ences various properties that change over time and consequently the material undergoes
“physical aging”. This frequent drawback affecting the membrane performance is a steady
continuation of the glass transition that sets in around Tg. Thus, physical ageing influences
all temperature-dependent properties that change significantly and sharply at Tg. Ageing
can be explained by the free-volume theory (Figure 6). The free-volume concept assumes
that the transport mobility of the particles depends mainly on the degree of packing of the
system. If packing is efficient, the number and size of free volume elements are reduced,
and thus the gas diffuses slower through the membrane over time [76]. The rate of physical
ageing should then decrease over time because, when the free volume gradually decreases,
the driving force governing physical ageing decreases, and also the pace of segmental
movements that help reorganize the polymer chains decreases [53].

Physical ageing, apart from reducing gas permeability, also impacts other physical
properties with an increase in internal energy concomitant with an increase in entropy [77].
Therefore, as the polymer ages, the free volume decreases along with permeability (although
at slower rates as time goes on), which is accompanied by an increase in selectivity as a
consequence of the reduction of membrane flux over time [53].
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Membrane thickness represents another factor influencing physical ageing. According
to Baker and Low (2014), the free volume elements migrate to the surface as bubbles,
leaving a viscous liquid, with the migration distance being proportional to the square of the
thickness of the membrane. Therefore, rearrangement and loss of permeability occurs in a
short time in thin membranes [46]. In this context, Tiwari and co-workers investigated the
impact of physical ageing on gas permeability in thin and thick membranes manufactured
with “high free-volume” glassy polymers (e.g., PIM-1). The results of this study showed
a dominant ageing effect in thin films, where even physical ageing overcame the CO2
plasticization effects [71]. Figure 7 displays an example of the time course of the decrease
in membrane permeability. This effect, using Matrimid® coated with polydimethylsiloxane
(PDMS) membranes, was investigated by Rowe and co-workers (2009), who observed that
ageing rapidly increases in thinner membranes [76]. Likewise, Xia and co-workers (2014)
investigated both the effect of the membrane thickness on ageing and the influence of the
ageing time on the plasticization using a commercial polyimide membrane, Matrimid®, for
gas separation [78]. This study concluded that membranes become more vulnerable to CO2
plasticization as their thickness decreases and the ageing time increases [78]. Finally, it is
worth mentioning that the ageing process can be reversed by heating the membrane above
Tg [79].

4.3. Novel Polymeric Membrane Materials for Gas Separation

Good mechanical strength, sorption capacity and chemical resistance rank among
the most relevant criteria for selecting polymeric material for gas separation. However,
the membrane permeability, the capacity of the polymer to withstand swelling mediated
plasticization and the processability of the polymer into a useful asymmetric or thin film
composite morphology have been identified as key properties of membrane materials.
Moreover, the polymer material should exhibit a good interaction with at least one of
the components of the mixture in order to induce an effective separation [29]. Today,
research in the field of gas separation is devoted to the development of novel membranes
materials with superior permeability and selectivity performance exceeding the latest
published Robeson upper bound limit, and consequently overcome the trade-off effect of
conventional membranes [60,61,63–65].
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According to Galizia and co-workers [55], most of the polymers developed for gas
separation membranes in the last 30 years were evaluated without systematically proving
their superior performance compared to the existing materials. Due to their high flexibility,
one of the most synthesized families of materials for creating and understanding structure-
property relationships are polyimides [55]. However, it has not been possible to significantly
improve the structure-property balance of polyimides-based membranes. Therefore, despite
polymeric membranes can be utilized in the separation of almost any gas mixtures such
as O2/N2 separation, hydrogen purification (H2/N2, H2/CH4, and H2/CO), CO2/CH4
biogas mixtures and vapor/gas separation, it is necessary to move beyond conventional
polymers. In this context, new membrane materials for gas separation must provide
higher permeabilities and permselectivities than conventional membranes. In addition, the
production of new membranes for gas separation must consider good film-forming, good
mechanical properties, absence of microdefects in the thin film, outstanding thermal and
chemical stability, and absence of ageing [52].

Poly(benzimidazoles) (PBIs) often exhibit glass transition temperatures (Tg) greater
than 400 ◦C, and a good thermal, mechanical and chemical stability, which is not typi-
cal among glassy polymers. Celazole® (PBI Performance Products, Inc., Charlotte, NC,
USA) (sometimes named as m-PBI) is an example of membranes derived from PBIs that
exhibit promising gas transport properties. However, Celazole® exhibits a low solubility
in common solvents due to its structural features and intermolecular hydrogen bonding
forces [80,81]. Borjigin and co-workers synthesized a novel PBI with sulfonyl moieties by
performing a structural modification using 3,3′,4,4′-tetraamino-diphenylsulfone (TADPS)
as monomer, which entailed a good solubility in common solvents such as N-methyl-2-
Pyrrolidinone, NMP, N,N-dimethylacetamide, DMAc and dimethylsulphoxide, DMSO.
Unfortunately, despite the good thermal stability and high permeabilities of PBIs, these
materials are still susceptible to physical ageing [82].

Aromatic Polyamides (PA) were one of the first aromatic linear polymers considered
thermally stable. PA typically exhibit a high cohesive energy density, a strong tendency
for highly efficient polymer chain packing and a semicrystalline morphology [83]. Addi-
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tionally, PA reported also a fair balance of properties: good chemical stability, high thermal
resistance, good mechanical properties and an easier processability than aromatic poly-
imides [84,85]. However, PA support a low gas permeability of small molecules compared
to polyimides. In recent years, there have been many attempts to improve PA gas separa-
tion performance by introducing bulky moieties, contoured structures or by introducing
hexa-fluoropropane parts into the macromolecular chain, but with a limited success [86,87].
Likewise, Lozano and co-workers carried out in situ sialylation of diamines by adding
trimethylchlorosilane (TMSCl) to the diamine solutions that, after the addition of a diacid
chloride, resulted in high molecular weight aromatic polyamides, which guarantees high
performance [88].

On the other hand, the so-called nanoporous polymers, as a result of their extremely
fine nanoporous structure, have shown an outstanding performance in terms of gas separa-
tion. Examples of these materials are:

(i) Polymers of Intrinsic Microporosity (PIMs): PIMs were initially developed by McK-
eown and Budd [89] and have been demonstrated to be good candidates for gas
separation due to their strong interactions with gas molecules and their nanometer
pore size [89–91]. However, their physical ageing and the instability of their permeabil-
ity properties over time are the major obstacles to their commercialization [46,70,71].

(ii) Thermally Rearranged polymers (TR): TRs were initially introduced by Park and
co-workers in 2007 [92] and show a high selectivity and an extraordinarily high
permeability. Additionally, TRs exhibit a good resistance to plasticization as well as a
strong chemical and thermal resistance.

Recently, significant advances were achieved in the optimization of Mixed Matrix
Membranes (MMMs) [35]. MMMs allow tuning the transport properties of conventional
polymers for target applications by combining the high permeability of the polymer and
the good selectivity of the filler materials.

5. Mixed Matrix Membranes for Gas Separation

Polymeric membranes have been successful in some gas separation processes such
as natural gas sweetening but are still subject to the trade-off between permeability and
selectivity, and the impact of physical ageing and plasticization, which makes them unsta-
ble for industrial applications. Recently, Barker (2014) reviewed the barriers limiting the
development of membranes with high selectivity and permeance from the last 35 years
and identified the need to develop new materials for new and future membrane applica-
tions [46]. Therefore, most research efforts are devoted nowadays to the development of
new polymeric materials and membranes material such as zeolites, metal organic frame-
work (MOF), carbon molecular sieves, carbon nanotubes and graphenes to improve the gas
separation performance of membranes [93].

In this context, hybrid materials known as MMMs have been manufactured by adding
inorganic materials as the disperse phase into polymers in order to take advantage of
the processability of polymers and simultaneously overcome the trade-off between per-
meability and selectivity. The mixed matrix membranes concept has been described in
multiple scientific publications. According to the most recent definitions, MMMs results
from the combination of an inorganic or inorganic-organic hybrid material (micro or
nanoparticles)—in the form of dispersed particles called additive or filler—and a polymeric
matrix-continuous phase (Figure 8) [30,93]. PIMs and HPI are the most commonly used
polymeric matrices, and zeolites the most common fillers. Moreover, MMMs have been
recently thermally treated to obtain MMM-TR with outstanding gas transport properties
for gas pairs such as CO2/CH4, O2/N2, H2/CO2, etc. [94–98].
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MMMs have emerged as a promising material for gas separation in membrane tech-
nology. The main objective of the manufacture of MMMs is to provide solutions to the
existing permeability versus selectivity trade-off relationship of gas separation polymeric
membranes by taking advantage of the superior properties of inorganic particles [100,101].
In addition, MMMs compensate the unavoidable fragility limitation of inorganic mem-
branes using a flexible polymer as the continuous matrix. These features provide MMMs
with the potential to achieve a greater selectivity, permeability (caused by increasing the
diffusion coefficients) or both, compared to existing polymeric membranes and to exceed
the upper limit proposed by Robeson. These organic and inorganic materials employed as
fillers could have a unique structure, surface chemistry and mechanical strength. Inorganic
fillers contribute to enhanced diffusivity selectivity by acting as molecular sieves due to
their precise pore size and shape and geometry, thus overcoming the properties of com-
mon polymeric membranes [55,102]. Overall, MMMs support unprecedented increases in
permeability while maintaining selectivity by introducing fillers into the polymeric matrix,
due to the increase in diffusion coefficients.

The first reports of the manufacture of MMMs were published in the 1970s. For
instance, Paul and Kemp (1973) added a commercial zeolite (Molecular Sieve Type 5A) as
a filler to a PDMS rubber used as polymer matrix [103]. A good interaction between the
polymer and the zeolite was observed due to the flexibility of the rubber polymer and a
large increase of a delayed diffusion time lag effect. However, high fluxes of gas in the
polymer matrix can result in a low improvement in the selectivity [30]. In the last decade,
manufacture of MMMs, researcher on of their mechanical and transport properties, as
well as the investigation of their nanostructure have increased a significant attention in the
membrane research field [52].

5.1. Factors Influencing Mixed-Matrix Membrane Manufacture

Multiple factors during the preparation of MMMs can cause: interfacial defects caused
by particle sedimentation (due to the differences in physical properties and density with
the polymer), migration of filler particles or agglomeration in the surface, especially when
the fillers load is high due to the fact that this scenario increases the diffusion distance
within the solid phase agglomerate [100].

According to Noble (2011), the compatibility between the disperse and continuous
phases in terms of permeability is an important factor to consider due to the fact that
the resistance to mass transfer is typically much higher in phases with much lower gas
permeability [104]. In addition, there is a relationship between the filler particle size and
membrane thickness, as smaller particles provide a higher surface area/volume ratio, which
supports a greater mass transfer between phases. Finally, an effective contact between the
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two phases is necessary to prevent any gaps between them that could block the access to
the pores [104].

Today, the achievement of the desired morphology, mechanical/chemical stability,
and gas separation properties in MMMs requires overcoming multiple manufacturing chal-
lenges such as: obtaining a flawless interface to guarantee a good separation performance
of the membranes, obtaining a homogeneous dispersion between the two phases, avoiding
agglomerations responsible for low selectivity and finally selecting materials with excellent
separation properties and good compatibility between the phases [102,105].

5.1.1. Morphologies of the Mixed-Matrix Membrane

The desired morphology of MMMs would include the absence of defects in the
polymer–particle interface and must ensure gas transport across the dispersed phase
instead through the continuous phase (polymeric matrix) (Figure 9) [101]. The advantages
of morphology can be understood in terms of the ideal Maxwell model that represents
the simplest case for mixed matrix transport properties [106]. This model, described by
Robeson as a dilute suspension of particles in a polymeric matrix, was mainly developed
for estimating dielectric properties of composites and describes the effective permeability
of MMMs, Pe f f as follows [107,108]:

Pe f f = Pc

[
Pd + 2Pc − 2 Φd (Pc − Pd)

Pd + 2 Pc + Φd (Pc − Pd)

]
(7)

where Pc is the continuous phase permeability (i.e., polymer matrix), represents the dis-
persed phase permeability (i.e., filler) and Φd is the dispersed phase volume fraction.
Note that Equation (7) goes to the appropriate value of P in the limits as Φd = 0 or 1.
Maxwell’s model can be complicated by assuming that the dispersed phase, being uni-
formly distributed, is encapsulated by an “interface” (region between polymer matrix and
inorganic fillers) with characteristics different from both the dispersed and continuous
phases [104,106]. The formation of the interface is attributed to the inhibition of the mobility
of the polymer chains in compressive stress near the polymer–particle interface. Figure 10
shows a representation of the polymer matrix, the dispersed phase and the rigidified
interface (three-phase MMM system) [109].

One of the disadvantages of this model for MMMs is the need to determine the
transport properties (e.g., through kinetic sorption in monodispersed crystals) in order
to obtain a good characterization of the dispersed phase [106]. Moreover, it is also only
applicable to low filler loadings with free volume fractions lower than 0.2. In this context,
high values of Φd render the ideal Maxwell model useless. In addition, the Maxwell model
does not consider the morphological properties of the filler such as particle shape, particle
size distribution or the aggregation of filler particles [100].

Thus, the preparation of ideal MMMs entails a difficult procedure as a result of the
formation of defects at the polymer–particle interface, which are typically caused by a
weak particle-polymer adhesion, induced by the difference in properties between both
phases [102]. These interface defects between the continuous and dispersed phases can
impact membrane properties such as the membrane separation performance.

The most common factors responsible for interfacial defects can be divided into three
main categories: (i) Interfacial voids or sieves-in-a-cage, (ii) Rigidified polymer layer around
the inorganic fillers, and (iii) Particle pore blockage [100,105,106].

A low linkage between the continuous phase and the dispersed phase could lead
to the formation of non-selective voids in the interfacial region (Figure 11, case i). Other
factors responsible for interfacial voids formation are the modification of the polymer
packing in the vicinity of the dispersed phase, the repulsive force between the two phases,
the different thermal expansion coefficients and the elongation stress during fiber spin-
ning [100]. In addition, interfacial voids or sieves-in-a-cage are attributed to the de-wetting
of the polymeric chains on the external surface of the particles [101]. Moore and Koros
(2005) observed that solvent evaporation, thermal effects and the resulting stresses at the
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polymer-disperse phase interface cause defects such as interface void formation, due to the
partial or apparent clogging of the dispersed phase [106]. The formation of these defects
allows the gases to pass and, hence, deteriorates the apparent selectivity and increases the
permeability of MMMs.
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Rigidified polymer layer around the inorganic fillers occurs when the polymer ma-
trix chains, in direct contact with the filler surface, are rigidified as compared with the
bulk polymer chains, which reduces the free volume and is related to a uniform tension
around the particles [102,105]. Moore and Koros (2005) hypothesized that polymer rigid-
ification (Figure 11, case ii) enhanced the diffusive selectivity and decreased membrane
permeability [106].

Particle pore blockage occurs when the surface pores of the filler are partially blocked
by the rigidified polymer chains (Figure 11, case iii). This clogging is usually generated by
the presence of sorbent, solvent traces, a contaminant or a minor component in the feed
gas, before, during and after the manufacture of the MMMs [105,106,108,110]. However,
there is no accurate methodology to differentiate the influence of these factors. Based on
previous research, if the pores are completely blocked, the gas cannot pass through the
particle fillers, and no enhancement in selectivity over the neat polymer is reached as in the
case of MMMs filled with nonporous particles.

The formation of a rigidified polymer layer around the inorganic fillers and particle
pore blockage are caused by sorption of a strongly retained molecule. In the first case, the
strongly retained molecule completely prevents the penetrants of interest from entering the
dispersed phase, while in the second case, the penetrants of interest enter or pass through
the dispersed phase more slowly than usual [105,106].

In summary, poor adhesion, mobility of polymer matrix chains and pore clogging by
the matrix are just some of the phenomena observed when incorporating a dispersed phase
into a continuous phase during the fabrication of MMMs.

Methods for Manufacturing Defect-Free Membranes

Poor adhesion and repulsive forces between the continuous and disperse phases, in-
compatibility between polymer and filler, solvent evaporation during membrane formation,
polymer packing disruption in the vicinity of the inorganic phase, and different thermal
expansion coefficients for polymer and filler can induce multiple interfacial defects and
non-ideal morphologies in MMMs [102]. In order to avoid these interfacial defects and
manufacture defect-free MMMs, the following methodological strategies have been applied:

An important factor during the manufacture of an ideal MMM with optimal perfor-
mance is the homogeneous distribution (or dispersion) of the filler within the continuous
phase in order to guarantee an effective filler/polymer contact [101]. In fact, a poor filler dis-
tribution can affect membrane performance by agglomeration, which leads to the formation
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of non-selective interfacial voids [99]. Unfortunately, high filler loadings can sometimes
result in particle aggregation, which can form voids within the particle aggregates that
cannot be reached by polymer chain segments and act as channels facilitating gas molecules
transport, thus reducing the selectivity of the MMMs. Similarly, high filler loadings can
cause sedimentation, which also contributes to the poor dispersion of the filler into the
continuous phase [101]. This filler agglomeration entails the creation of pinholes that
cannot be reached by polymer segments, resulting in non-selective defects in MMMs [105].

In this context, the so called “priming” method created by Mahajan and Koros (2002) is
the most common strategy to avoid filler agglomeration [111]. This technique can reduce the
stress at the filler/polymer interface, thus resulting in an improved interaction between the
polymer primed filler and the bulk polymer, concomitantly with a reduced agglomeration
of the filler [101,102]. This prime method consists in dispersing the particles in a suitable
solvent, subjecting them to sonication followed by coating the surface of the filler in
suspension. This coating is carried out by adding a small percentage of homogeneous
polymer solution prior to the dispersion in the bulk polymer solution [110]. On the other
hand, the preparation of polymer diluted solutions to increase the viscosity and decrease
membrane thickness have been proposed to avoid agglomeration since this methodology
can reduce particle sedimentation. Alternatively, the membrane can be cast “quickly” so
that the fillers do not have time to precipitate.

Finally, another approach to achieve flexibility during membrane formation is to mimic
the use of a low Tg polymer by forming the membrane close to the Tg of the polymer matrix
used as a precursor of the MMMs. An obvious limitation of this strategy is the common
tendency to use suitable casting solvents that boil at temperatures below the Tg of a typical
rigid polymer such as Matrimid® [112].

5.1.2. Polymer Materials

The optimum selection of materials for both the continuous phase and the dispersed
phase is a key factor during the development of MMMs since the properties of the precursor
materials can affect the morphology and separation performance of membranes [105].
Despite the selection of optimum fillers being the major concern in the early manufacture of
MMMs, the selection of the polymer used as the matrix greatly impacts the gas separation
performance of MMMs [105].

In the field of gas separation using membranes, rubbery and glassy polymers have
been traditionally used. Rubbery polymers contain flexible polymer chain structures and
have the ability to stretch the chains apart, the chains returning to their original position
when tension is released. Rubbery polymers also exhibit a high permeability and a low
selectivity for the separation of common gas pairs, as a result of the different condensability
of the gas components [30]. On the contrary, glassy polymers possess rigid chain structures
with restricted segmental motion. This rigid chain structure offers desirable separation
properties such as high selectivity combined with medium/low permeability [26]. The high
selectivity of glassy polymers can be attributed to their lower free volume, the narrower
distribution of the free volume and the lower flexibility of the polymer chains compared to
their rubbery counterparts.

Due to the high degree of mobility, rubbery polymers ensure good adhesion between
the polymeric matrix and the fillers, which can avoid interfacial voids and facilitate the
manufacture of defect-free MMMs. However, a high mobility also entails a high perme-
ability, which suggests that gas transport is dominated mainly by the polymer matrix and
only a small portion is attributed to the filler. On the other hand, although glassy polymers
exhibit superior properties to rubbery polymers, their rigid chain structure typically results
in a poor adhesion of the pair polymer-filler, thus generating voids at the interface [101].
Therefore, the gas transport properties of the materials and adhesion between the phases
should be carefully considered when selecting the polymer matrix [102]. In this context,
novel polymers capable of separating gas mixtures by solubility selectivity are needed.
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Material selection to manufacture MMMs is a difficult task, especially for glassy
polymers. However, a considerable number of glassy polymers are being employed as
continuous phase in MMMs such as cellulose acetate (CA), polyimide (PI), polysulfone
(PSU), polyamide (PA), polypropylene (PP), polyethersulfone (PES), poly-vinylidene flu-
oride (PVDF) and perfluorinated materials, etc. [95,97,113–116]. Polymers such as PMP
(4-methyl-2-pentyne), PTBA (tert-butylacetylene) and PTMSP (1-trimethylsilyl-1-propyne),
namely “reverse-selective polymers”, have also been used as continuous phase due to their
high fractional free volume. In the latter membranes, the gas transport mechanism shifts
from being controlled by diffusivity to being controlled by solubility (contrarily to the obser-
vations in traditional low-free volume glassy polymers), and therefore, transport properties
are favored for more condensable species (e.g., CO2) than for smaller molecules [117].

In recent years, the most common materials developed for the manufacture of MMMs
are divided into three groups: (i) Advanced high permeability polymers (PIM, Polyimides
and TR polymers), (ii) Polymers with moderate permeability and high selectivity and
(iii) Ionic liquid/poly ionic liquids with high permeability and high selectivity [118]. For
instance, a limited number of researchers have studied the transport properties using
PIM-1 as a continuous phase for the separation of CO2/CH4 with a notable increase in
permeabilities compared to the matrix. These studies also demonstrated that the introduc-
tion of a filler (ZIF-8) to this polymeric matrix mediates an increase in free volume, as a
result of the combination of the contributing cavities and looser polymeric chains at the
boundary between the filler and the PIM-1 matrix [98,119,120]. These membranes represent
good candidates for CO2 removal from biogas, although they suffer from severe physical
ageing. On the other hand, the introduction of TR materials (e.g., hydroxypolyimide, HPI,
and hydroxypolyamide, HPA) as a continuous phase has been proposed as a promising
alternative since TR polymers show superior gas separation properties and can help to
reduce non-selective voids during the manufacture of MMMs [97,121–123].

The permeation properties of MMMs are mainly determined by the shape and size of
the filler, its pore size, pore size distribution, sedimentation and agglomeration properties
and the gas separation operational conditions (gas composition, pressure, and tempera-
ture). In addition, the permeability of both the continuous and disperse phase should be
comparable since a continuous phase with a high permeability reduces the contribution of
the filler to gas separation [100].

5.1.3. Advanced Functional Fillers

The major challenges encountered during the manufacture of MMMs are the selection
of adequate fillers that provide a good interaction with the polymer for the enhancement
of gas separation properties. Indeed, the addition of suitable fillers in the polymer matrix
results in a significant increase in the overall separation efficiency and therefore in a superior
gas selectivity performance by MMMs [35].

There is a great variety of fillers that have been used in the development of MMMs
as disperse phase. In recent years, the synthesis of novel organic/inorganic membrane
materials has yielded in emerging materials used as high-performance fillers in MMMs for
gas separation. Here, the most studied fillers (with a good compatibility with polymers) to
date are briefly reviewed, particularly Zeolites, Metal Organic frameworks (MOFs) [124],
Covalent Organic Frameworks (COFs) [125], Porous Aromatic Framework (PAFs) [126]
and Porous Polymer Networks (PPNs) [127], recently named Porous Organic Polymers
(POPs) [128] (Figure 12). Due to the fact that only few of the fillers used in the field of mixed
matrix membranes have been mentioned, this article will only focus on representative work
for the separation of CO2 and H2 from biogas and biohydrogen.
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• Zeolites

Based on structural features, zeolites are an inorganic material frequently used as dis-
perse phase for the manufacture of MMMs. Zeolites are hydrated aluminosilicate materials
with opened three-dimensional framework structures that possess regular intracrystalline
cavities and channels of molecular dimension (3–12 Å). Its structure is formed by SiO4 and
AlO4 tetrahedral, by sharing an oxygen ion. Due to the presence of the tetrahedron AlO4,
the chemical characteristics of the frameworks are determined, which tend to have negative
charge compensated by alkali or earth alkali cations, located in the micropores [130]. More-
over, zeolites are materials with shape/size-selective nanopores [131,132]. The pore sizes
of zeolites range between 0.3 and 1 nm, with pore volumes of about 0.10–0.35 cc/g [133].
There are 176 types of zeolite structures approved by the IZA Structures Commission
(IZA-SC) in February 2007 and assigned with a 3-letter code [134], of which, according to
Bastani and co-workers, the most common are: 4A (3.8 Å), 5A (4.3 Å), 13X (7.4 Å), NaY
(7.4 Å), ZSM-5 (5.1 × 5.5 Å and 5.3 × 5.6 Å), SSZ-13 (3.8Å), etc. [135].

Zeolites have received increasing attention due to the fact that they have a wide range
of structures with different chemical compositions and physicochemical properties. Zeolites
are widely used as catalysts, adsorbents and ion exchange media. The transport of gas
molecules starts by molecular adsorption into the pores, diffusion onto the zeolite surface
and desorption into the permeate. The gas molecules that have the strongest attractive
force with the zeolite pores are those with the highest dipole moment, which is why CO2
is adsorbed most strongly on zeolites, followed by H2, CH4 and N2 [135]. The success
of zeolite-based MMMs is attributed to the type of zeolites used and their adsorption
capacity [133]. For example, zeolite 5A has a CO2 adsorption capacity of 222 mg CO2/g
adsorbent at 0.1 MPa. Moreover, due to their good selectivity and adsorbent selection
parameters, zeolite 5A turns out to be a better adsorbent for removing CO2 and N2O from
air and for separating CO2/CH4 gas mixture compared with MOFs [136]. Likewise, NaX
zeolites have an adsorption capacity of 263 mg CO2/g adsorbent, which renders it an
excellent candidate for separating CO2 from CH4 [137]. Similarly, zeolite 13X is another
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kind of zeolite with a great CO2 adsorption capacity of 324 mg CO2/g adsorbent, making
it an excellent candidate for the purification of methane from natural gas [138].

One of the most relevant properties of this material is sorption and diffusion due to
the different sizes of its channels and cavities, which determines the free space or void
volume of the MMMs [132]. Zeolites possess interesting thermal and chemical stability,
a well-defined microstructure and high mechanical strength, which makes them suitable
candidates to be used as a dispersed phase in the manufacture of MMMs [135,139]. In-
terestingly, the low packing density of zeolites makes them an unsuitable material for
gas separation, however their use as a dispersed phase in the fabrication of MMMs pro-
vides an opportunity to overcome this problem [101]. In addition, zeolites exhibit a per-
meability and selectivity superior to polymeric materials due to their unique molecular
sieving characteristics.

Zeolites have traditionally received attention as potential fillers due to their thermal
stability and promising separation and transport properties. Thus, the specific sorption
properties and shape selectivity of zeolites, when applied to polymers with easy process-
ability, provide superior gas separation properties to MMMs [132]. Several investigations
have shown that the transport properties of MMMs are affected by the type of zeolite
used. For instance, MMMs prepared with zeolite 4A support an effective O2/N2 separation
due to their adequate pore size (3.8–4.0 Å), with selectivities up to 37. Membranes with
zeolite 5A as filler exhibit much higher H2/N2 and O2/N2 selectivity than membranes with
zeolite 4A as filler. In this context, zeolites are still of interest for membrane investigations
despite providing low permeabilities for O2 (0.8 Barrer) [111,140]. Ahmad and co-workers
(2021) investigated the CO2/CH4 separation properties behavior of MMMs fabricated with
SSZ-16 zeolite at different loading ratios as filler and 6FDA-DAM:DABA as polymeric
matrix. As a result, MMMs loaded at 5 wt.% SSZ-16 supported up to two-fold higher
CO2 permeability with respect to pristine membranes, while maintaining the CO2/CH4
selectivity. In addition, these authors found that a 5 wt.% loading provides an excellent
filler dispersion [141]. Zhang and co-workers (2008) prepared MMMs based on Matrimid
and ZSM-5 zeolite, increasing the H2/N2 separation from 79 for Matrimid and 143 at
10% load, while the ideal H2/CH4 separation factor increased from 83 to 169 at 20% load,
further confirming the excellent interactions between the particles and the polymer [142].
Ebadi Amooghin and co-workers (2016) modified zeolite-Y by introducing silver cations
(via ion-exchange method) to form Ag+ zeolite and use it as filler on Matrimid® to form
novel Matrimid®/AgY MMMs. In this particular study, CO2 permeability increased from
8.34 Barrer for the pure membrane up to 18.62 Barrer for Matrimid/AgY (15 wt.%) without
affecting CO2/CH4 selectivity, which increased from 36 to 60 for pure membrane and
MMMs, respectively [143]. Finally, Montes Luna and co-workers modified the natural
zeolite Clinoptilolite (CLINO) with CaCl2 in an aqueous solution to replace Na+ ions with
Ca2+ ions, thus enhancing gas separation properties for CH4/N2/CO2 gas mixtures [144].

Despite the promising results obtained in the laboratory, MMMs with zeolites as the
dispersed phase have not been commercially exploited due to the poor adhesion at the
zeolite–polymer interface (especially glassy polymers), resulting in a “sieve-in-a-cage”
morphology. This defect is responsible for the non-selective penetration of gas molecules,
the reduction in selectivity and poor mechanical properties, especially in the formation of
thin films. In addition, high zeolite loadings often result in non-uniform dispersions in
MMMs [55].

• Metal Organic Frameworks

Metal Organic Frameworks, MOFs, are hybrid materials prepared by combining
organic ligands with metal ions or metal-oxide clusters. Ligands play a key role in defining
the final framework of MOFs, while metal ions also influence the structure of MOFs due
to their tunable geometries [145]. MOFs are highly porous chemically mutable materials,
with unique properties, different pore sizes and shapes, and multiple functional sites and
high specific surface areas that allow creating a wide variety of crystals [93,118]. Compared
to zeolites, the tunable structure of MOFs results in well-dispersed fillers, which allows
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high affinity organic linkers in MOFs and polymer chains, thus reducing non-selective
defects at the polymer–filler interface. The partially organic nature of MOFs supports a
better polymer-filler interaction, which represents a structural advantage compared to other
porous materials [55].

In order to optimize gas diffusion and selectivity, new strategies for the formation of
high-performance MMMs using MOFs as dispersed phase have been assessed. A wide
variety of MOFs subfamilies with ultrasmall aperture sizes have been chosen as potential
fillers. The most typically studied MOFs are Zeolitic Imidazolate Frameworks (ZIFs),
copper-based MOFs (Cu-MOFs), Materials Institute Lavoisier (MIL) series, MOF-74 series,
and University of Oslo-66 (UiO-66) series [146]. ZIFs possess a similar topology to zeolites
with tunable pore structures and with high thermal and chemical stabilities [35]. In this
context, ZIF-8, HKUST-1, MIL-53, MIL-101, MOF-74, and UiO-66 have been specifically
tested. For instance, ZIFs-8 are a new class of porous crystals (3.4 Å pore aperture and
11.6 Å cages) [147] composed of tetrahedral metal ions (typically zinc or cobalt) forming
extended three-dimensional structures bridged by imidazolate (Im) [148].

Khdhayyer and co-workers studied the gas transport properties of MMMs based on
PIM-1 as polymeric matrix and three isoreticular MOFs (UiO-66, UiO-66-NH2 and UiO-
66-(COOH)2) as fillers, confirming the good prospects of these MMMs for CO2 removal
from biogas [98]. Ahmad and co-workers investigated the gas separation properties of
MMMs using three types of Zr-based MOFs (UiO-66 and its functionalized derivatives,
UiO-66-NH2 and UiO-66-NH-COCH3) as fillers on 6FDA-DAM as a polymeric matrix. The
addition of these particles improved both CO2 permeability and CO2/CH4 selectivity. For
instance, permeabilities of the polymer 6FDA-DAM and its 14–16 wt.% Zr MOFs MMMs,
tested with binary (30:70 vol.%; CO2:CH4) feed mixture, were 231, 541, 359 y 291 Barrer, and
for tertiary (30:5:65 vol.%; CO2:H2S:CH4) feed mixture, permeabilities of 167, 385, 243 and
193 Barrer were recorded for neat membranes, UiO-66-based MMMs, UiO-66-NH2-based
MMMs and UiO-66- NH-COCH3-based MMMs, respectively [149].

Recently, Kertik and co-workers (2017) created in-situ molecular sieves with controlled
heat treatment up to 350 ◦C for 24 h for Matrimid®/ZIF-8, obtaining excellent selectivity
for CO2/CH4 gas mixtures due to the excellent interfacial filler-polymer adhesion [150].
Matrimid®/ZIF-8 (40 wt.%) thermally treated MMMs exhibited a CO2 permeability of
~1.9 Barrer and a CO2/CH4 selectivity of ~134 at 40 bar, 35 ◦C with gas mixtures containing
50 vol.% CO2/50 vol.% CH4 [55,150]. ZIF-8 as inorganic filler was added into 6FDA-durene
diamine, obtaining a notable increase in CO2 permeability from 1468 Barrer to 2185 Barrer
for pure membrane and 30 wt.% loaded ZIF-8 MMM, respectively, and 17.1 of selectivity
for CO2/CH4 gas pair [151].

Finally, it should be stressed that the preparation of membranes with well-dispersed
fillers, good filler-polymer interfacial adhesion and a defect-free membrane surface repre-
sent nowadays the major challenges of MOF-based MMMs [152].

• Covalent Organic Frameworks

Covalent Organic Frameworks, COFs, developed by Côté and co-workers in 2005 [125],
have been recently proposed as a type of porous organic material used as a filler for the
fabrication of MMMs. COFs are crystalline porous materials synthesized by the covalent
combination of rigid and stable organic monomers (phenyl diboronic acid and hexahy-
droxytriphenylene), which offer superior chemical and thermal stability compared with
MOFs [153,154]. COF materials have well-defined and predictable 2D or 3D crystalline
structures as a result of the formation of strong covalent bonds [155]. COFs are classified
into three groups, based on their uptake capacities, pore size and structural dimensions:
(i) 2D structures featuring small 1D pores (9 Å for COF-1 and -6); (ii) 2D structures with
large 1D pores (27, 16 and 32 Å for COF-5, -8 and -10, respectively) and (iii) 3D structures
containing medium-sized 3D pores (12 Å for COF-102 and -103) [154]. Three-dimensional
COFs, COF-1 and COF-5 presented a high hydrothermal stability, and regular and stable
porosity, with surface areas ranging from 700 and 1600 m2 g−1 [125], while two-dimensional
COFs, COF-6, -8, and -10 showed structures with pore sizes ranging from 6.4 to 34.1 Å
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and exhibited high thermal stability, low densities and high porosity with specific surface
areas of 980, 1400, and 2100 m2 g−1 for COF-6, -8, and -10, respectively [156]. The highest
reported surface area for a COF is 4210 m2 g (BET) in COF-103 [157]. Due to their properties
such as low crystal density, ultrahigh accessibility and rich electronic lattice, COFs can be
efficiently used for gas storage and selective adsorption. According to theoretical studies
performed through grand canonical Monte-Carlo simulated calculations, the H2 storage
capacity with COF has been predicted, showing about 10% excess H2 storage with COF-105
and 108 at 77 K, being the best-known organic materials for H2 storage [154]. Han and co-
workers (2008) conducted a study focused on the H2 uptake capacities with experimental
H2 loading data for COF-5, achieving a total evacuation of the pores at 3.4 wt.% at 50 bar
and 77 K. In the same study, a H2 storage capacity of 8.9 wt.% at 77 K for COF-108 was
observed, while the highest volumetric yield was shown for COF-102 (40.4 g L−1 of H2 at
77 K). [158].

Due to their variable structures, easily modifiable scaffold and high affinity to the
polymeric matrix, good thermal stability, appropriate solvent compatibility, COFs have
demonstrated to be excellent candidates in the field of gas separation [118,159–161]. Despite
the advantages offered by COFs, a limited research has been conducted with COF-based
MMMs. For instance, Wu and co-workers (2017) incorporated COFs as particles into
PIM-1 as a polymeric matrix, obtaining a remarkable improvement in CO2 permeability
and CO2/CH4 and CO2/N2 selectivity compared to pure PIM-1 [153]. Likewise, Biswal
and co-workers (2016) manufactured MMMs incorporating TpBD into polybenzimidazole
(PBI), resulting in permeabilities above 18 Barrer for CO2 and selectivities of ~48 and
23 for CO2/CH4 and CO2/N2, respectively [162]. COF (imine-based COF with a two-
dimensional network) was also incorporated into poly(vinylamine) (PVAm) to enhance
membrane performance for CO2/H2 separation. As a result, a MMM at 10 wt.% COF load
showed a CO2/H2 selectivity of 15 and a CO2 permeance of 396 GPU at 0.15 MPa, which
further suggested that COFs possess good compatibility with polymers, thus enabling the
fabrication of MMMs with a superior performance [163].

• Porous Aromatic Framework

Porous Aromatic Framework, PAFs, are a subfamily of Covalent Organic Frameworks
(COFs) that, unlike traditional COFs and MOFs, are stronger and more stable and exhibit a
good physical-chemical stability [118]. PAFs are synthesized via irreversible cross-coupling
reactions by aromatic rigid linkers [154] and constructed from carbon−carbon-bond-linked
aromatic-based building units [164]. Moreover, compared to conventional porous materials
(such as zeolites and MOFs), PAFs exhibit specificity in their chemistry and functionali-
ties due to their strong carbon–carbon bonding, which makes them stable under severe
chemical treatment [164]. Due to their covalent backbone, PAFs are chemically robust
materials, although with a high irregular internal structure that reduces their porosity
and associated crystallinity [93,154]. Indeed, these fillers exhibit a high porosity, narrow
pore-size distributions for amorphous solids and Brunauer−Emmett−Teller (BET) surface
areas as high as 5200 m2 g−1, which typically results in high affinities for adsorption of CO2
and other gases [93,165]. PAF surface area and CO2 capture may vary depending on the
batch, tetrahedral core, phenyl chain length, functionalization and also the arrangement
of the nanoparticles in the fillers [166]. PAFs, which are porous materials, have voids that
serve to accommodate gas molecules, making them excellent absorbents. These PAFs are
prepared with ultrahigh surface areas to enhance their H2 storage capacity. For instance, the
first reported PAF, PAF-1 with ultrahigh specific surface area (BET: 5600 m2 g−1, Langmuir:
7100 m2 g−1) [167], exhibited a hydrogen adsorption capacity of 7.0 wt.% at 48 bar and
77 K [164]. On the other hand, due to their high surface area and stability, the capacity of
PAFs as CH4 sorbents has also been investigated. For instance, the CH4 uptake capacity
of PAF-1 is 18 cm3 g−1 at 14 KJ mol−1 heat adsorption, while PAF-3 (BET surface area of
2932 m2 g−1) showed the highest uptake capacity at 27 cm3 g−1 and 15 KJ mol−1 heat
adsorption and PAF-4 (BET surface area of 2246 m2 g−1) presented a similar capacity to
PAF-1 but at 23.2 KJ mol−1 heat adsorption. With their well-defined networks, PAFs also
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offer a high potential for CO2 capture at low pressure. For example, CO2 sorption capacities
of 46 cm3 g−1 (9.1 wt.%) for PAF-1, 78 cm3 g−1 (15.3 wt.%) for PAF-3 and 54 cm3 g−1

(10.7 wt.%) for PAF-4 were recorded at 273 K and 1 atm. [168].
However, despite their exceptional surface areas and good thermal and hydrothermal

stability, PAFs exhibit weak interactions with gases, which limits their gas storage capacity
and operating temperature [169]. However, Hou and co-workers (2022) added PAF-1 into
PIM-1, which improved gas separation performance following the conventional method
to manufacture MMMs and combining the filler with a post UV irradiation treatment. As
a result, MMMs permeability showed a high permeability (i.e., P(H2) = 4800 Barrer) as
well as a remarkable improvement in the separation factor (i.e., improvement for H2/CH4
selectivity, from 5.4 to 90), surpassing the 2008 upper bounds for H2/CO2 and CO2/CH4
and 2015 upper bounds for H2/N2 and H2/CH4 [170]. Ben and co-workers (2009) synthe-
sized a porous aromatic framework PAF-1 via phenyl-phenyl coupling with a Langmuir
surface area of 7100 m2 g−1 [171]. Likewise, Lau and co-workers (2014) demonstrated
that the addition of PAF-1 as disperse phase into PTSMP and poly(methylpentyne) (PMP)
can mitigate the permeability loss associated with physical ageing of these super glazed
polymers [165].

• Porous Polymer Networks

Recent investigations have attributed new merits for gas separation to this family of
adsorbents as a result of their high thermal and chemical stability, easy processing and low
cost [172,173]. PPNs are synthesized by the homocoupling of tetrahedral monomers via the
oxidative Eglinton coupling or Yamamoto-type Ullmann coupling reaction, exhibit high
thermal and chemical stability and are insoluble in conventional solvents. PPNs possess
Langmuir surface areas as high as 5323 m2 g−1. Between the first reported PPNs (ie. PPN-1,
2 and 3), PPN-1 showed the highest gas affinity and exhibited more micropores of less than
1 nm diameter than PPN-2 and PPN-3. Despite the lowest surface area (827 m2 g−1), PPN-1
showed the best CO2/CH4 selectivity. On the other hand, PPN-3 exhibited the highest H2
uptake capacity (4.28 wt.%, 77 K) among these three (3.30 and 3.76 wt. % H2 uptake for
PPN-1 and PPN2, respectively) [172].

A new generation of PPNs, namely Porous Organic Polymers, POPs, was recently
developed by reacting rigid trifunctional aromatic monomers with ketones exhibiting
electron-withdrawing groups, in superacidic media via acid-catalyzed condensation (Lewis
or Brönsted) at low temperatures. PPNs and POPs are microporous materials with
Brunauer−Emmett−Teller (BET) surface areas ranging from 580 to 790 m2 g−1 and from
760 to 935 m2 g−1, respectively, and have attractive properties such as: excellent CO2 uptake
capacity as solid adsorbents (up to 207 mg g−1 (105 cm3 (STP) g−1) at 0 ◦C and 1 bar),
ability to regenerate by vacuum without heating and an exceptional chemical and thermal
stability [114,127]. Their ease of synthesis and high conversion render PPNs as materials
easy to scale-up. In addition, these materials present a selective adsorption of CO2 (32.7)
superior to N2 (22.5) under postcombustion conditions, which are higher when compared
to other high-performance microporous materials [114]. In this context, Aguilar-Lugo and
co-workers (2019) added PPNs (at different loads) as filler into Matrimid®, resulting in an
improvement in the permeability of up to 700% for the gases tested without significantly
affecting selectivity (CO2/N2 and CO2/CH4 selectivities decreased by 4% and 12%, respec-
tively). These authors also observed a good filler-polymer adhesion, which was supported
by the increase in the Tg of the MMMs compared to the pure polymer matrix [114]. Like-
wise, Rico-Martínez and coworkers incorporated bipyridine moieties-based on POPs into
aromatic polyimides at different loads, which supported four- and seven-fold increases in
CO2 and CH4 permeability, respectively [115].

6. Thermally Rearranged Polymers

As previously mentioned, new materials with superior gas separation performance,
increased chemical/thermal resistance to aggressive feed conditions and high selectivity
are needed. Significant advances have been generated in the chemistry of polymeric mem-
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branes for gas separation, mainly aimed at increasing the molecular stiffness and improving
the free volume fraction (FVF) of membranes, leading to a high permeability without a
significant decrease in selectivity [174,175]. In this context, glassy polymers such as poly-
benzoxazoles (PBO), polybenzothiazoles (PBT), polypyrrolones (PPL) or benzimidazoles
(PBI), represent a class of rigid-rod ordered polymers with outstanding mechanical and
thermal properties, and extreme rigidity [176]. However, these materials are unattractive in
gas separation because their efficient packing entails few free volume elements accessible
to gas penetration, which hinders their manufacture in the form of flexible and tough
films. Moreover, the above-mentioned glassy polymers are soluble only in strong acids,
and consequently not suitable candidates for membrane fabrication [177]. Therefore, the
new strategies for the synthesis of rigid-rod polymers are mainly focused on enhancing
solubility and processability.

In this regard, Park and co-workers (2007), based on the thermal conversion of imides
containing hydroxides to benzoxazoles performed by Tullos and co-workers (1999) [92,177],
demonstrated the occurrence of free-volume structures in dense glassy polymers that can be
systematically modified by thermal rearrangement. This process enables an extraordinary
gas separation performance and constitutes a novel method to prepare high-performance
polymers for molecular-scale separations [92]. This successful research based on poly(1,3-
benzoazole)s membranes was carried out by subjecting membranes to a thermal treatment
in solid state of poly(o-hydroxyimide)s, containing ortho positioned functional groups (with
respect to the amino group) [55,178]. This thermal rearrangement process involves a ther-
mal cyclization step subjected to temperatures of 350–450 ◦C for a certain duration of time
and under inert atmosphere or vacuum. The need for thermal processing to manufacture
these materials is responsible of their name as ‘thermally rearranged’, or TR polymers. De-
pending on the functional group in the ortho position (-OH, -SH, or -NH2) of the precursor,
the structures resulting from the cyclization process are PBO, PBT, PPL or PBI [92,179,180].
Since polybenzoxazoles may be a source of possible cross-linking as a consequence of the
high temperature used during their conversion, which would also explain their insolubility,
this material cannot be processed. In this sense, TR-precursors during the manufacture of
these membranes can be ortho-hydroxyl polyimides (HPI) and ortho-hydroxyl polyamides
(HPA) (also called α-TR and β-TR polymers, respectively, HPIs being the most stud-
ied [178]. Figure 13 shows the solid-state mechanism of a poly(hydroxyimide) (PI) and a
poly(hydroxyamide) (PA) to form a TR-polymer with the proposed PBOs structure.

In both cases a final polyheterocycle of the polybenzoxazole type is reached by a
cyclization process, where the heat treatment is carried out at different temperatures,
depending on the TR-precursor. Additionally, the solid-state conversion process involves
decarboxylation when the precursor is a polyimide, while the thermal reorganization
phenomenon takes place through the loss of water molecules, or cyclodehydration, when
using a polyimide as a precursor. The final PBO materials possess a chemically stable
structure, resistance to CO2 plasticization (likely due to their cross-linked structure) and
excellent permeability and selectivity values due to the formation of a desirable free volume
element distribution during thermal conversion [175,181–183].

Although in both cases the final structure of the PBO is similar, membranes exhibit
different characteristics, especially in terms of gas transport properties. The TR precursor
HPI can efficiently separate condensable gases, while TR precursor HPA has an outstanding
ability to separate light gases. These aromatic polyamides exhibit an appropriate balance
of properties such as good mechanical and chemical stability, high thermal resistance and
easier processability when their precursor monomers are adequately selected [85].

Park and co-workers (2007) demonstrated that polymers with a medium cavity size,
with a narrow cavity size distribution and a shape reminiscent of bottlenecks connecting
adjacent chambers, possess high selectivity and high permeability [92]. Thus, TR polymers
provide an increase in FFV as a consequence of the generation of microcavities with
controlled size bimodal distribution in the range of 0.3–0.4 nm (which is beneficial for
selective transport of gas molecules such as CO2) and 0.7–0.9 nm (which entails an enhanced
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gas diffusion) [178]. The above bimodal cavity size distribution is governed by the structure
of the precursor and the protocol of thermal treatment used to produce the TR-PBO [184].
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Gas transport in TR-polymer membranes depends on the degree of thermal conversion,
the nature of the free volume elements and their size distribution [185]. It is assumed
that the newly created micropores mediating the transport of gases in TR polymers are
responsible for the usual molecular screening in the separation of gases by glassy polymeric
membranes. The narrowest part of these micropores plays a role of a molecular size caliber.
Today, there are consistent empirical proofs confirming the exceptional selective molecular
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transport performance and high permselectivity in small molecules because of the free
volume structure of these polymers.

7. Thermally Rearranged Mixed Matrix Membranes

Recent investigations in membrane gas separations are focused on taking advantage
of the MMMs and the Thermally Rearranged polymers’ properties, in order to improve
the performance of gas transport properties, mainly for CO2/CH4, H2/CO2, CO2/N2
separation. MMMs manufactured with TR-able polymers are known as Thermally Rear-
ranged Mixed Matrix Membranes (TR-MMMs). Membranes manufactured with thermally
rearranged (TR) polymers result in unusually high selectivities and permeabilities, at-
tributed to their unique hourglass configuration, while the addition of particles can add
selective pathways for gas transport [97,185,186]. Despite this field of research being very
recent, promising results in gas separations mixtures have been obtained. For instance, in
2017, Brunetti and co-workers manufactured the first TR-MMMs loaded with 0.5 wt.% of
oxidized multi-wall carbon nanotubes (MWCNT) for CO2 separation with an enhanced
permselectivity and conducted an aging study. The addition of the nanotube entailed
the increase of H2 permeability followed by CO2, N2 and CH4 compared to the neat TR
(increasing from 171 a 201 Barrer for H2, 105 to 126 for CO2, 9.2 to 9.3 for N2 and 4.4 to
4.9 for CH4). Additionally, the influence of addition of nanotubes on aging resulted in
a decrease in CO2 permeability after 150 days of 13% [187]. Kim and co-workers (2019)
fabricated TR-MMM for hydrogen separation using a TR-able Polyimide (HPI: HBA-DAM-
6FDA) as polymeric matrix and a zeolitic imidazolate framework-8 (ZIF-8) as filler. As a
result, MMMs loaded with 20% of ZIF-8 and thermally rearranged for 90 min Dwell time,
exhibited excellent H2 separation properties, with an increase from 365 to 1206 Barrers
for H2 permeability, before and after thermal treatment, respectively, and selectivity of
22.3 and 25.7 for H2/N2 and H2/CH4 gas pairs, respectively [121]. Smith and co-workers
also carried out a pioneer study on TR-MMMs prepared by adding PAF-1 into 6FDA-
HAB5DAM5 (DAM) TR-able polyimide in order to improve permeation properties. As
a result, TR-MMMs showed an increase of 37-fold H2 permeability and 55-fold for CO2
gas permeability with similar gas selectivities [97]. Soto and co-workers (2020) developed
a new family of TR-MMMs to enhance CO2/CH4 permselectivity using recent porous
polymer networks (PPNs) as fillers on a polyamide, 6FCl-APAF, capable of producing
benzoaxazoles, as a polymeric matrix. In this study, TR-MMMs showed a notable increase
in gas permeability. For example, CO2 permeability increased 34-fold for TR-MMM at 30%
of filler compared to MMM at 30%, with a slight decrease in CO2/CH4 selectivity (from
27.75 pristine membrane to 24.02 for TR-MMM). Similarly, TR-MMMs with PPNs as a filler
and polyimides (ortho-hydroxypolyimide, PIOH, or an ortho-acetylpolyimide, PIOAc) as
polymer matrix have been recently carried out by Aguilar-Lugo and co-workers (2021),
where membranes loaded at 30% of filler showed 1036 Barrer for CO2 permeability with a
CO2/CH4 selectivity of 28 for PIOAc-based TR-MMMs [122].

In general, TR-MMMs offer improvements in gas transport properties favored by the
use of microporous materials with a high thermal stability. In addition, thermal treatment
at high temperature contributes to eliminate the interfacial voids between the filler and
the polymer matrix, leading to an increase in the gas selectivity of the membranes [121].
However, the excellent results in gas permeability can be accompanied by the loss of other
desirable properties such as anti-aging permeability and pressure resistance, which requires
further research [97].

8. Membrane Modules and System Design
8.1. Membrane Modules

The separation units in which the membrane surface is fitted are called membrane
modules, which refer to the central part of a membrane device. The module should allow a
separate conduction of the feed and permeate gas streams on both sides of the membrane.
Figure 14 shows the schematic of the simplest design in which a single module is used.
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A feed stream with a given composition and flow rate is introduced into the separation
module (Feed), divided into two streams, one of which enters through the membrane
(permeate) and the other (retentate) leaves the module in a smaller proportion [26,188]. The
feed composition and flow rate within the module will change as a function of distance, as
the membrane has the ability to transport one component more readily than another [188].
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The modules engineered to date are based on the membrane configuration, classified
in two geometries: (1) flat sheet membranes, which include plate-and-frame and spirally
wound modules and (2) tubular membranes, including tubular hollow fiber and modules
based on fine capillaries or tubes housed such as a shell and tube heat exchanger [29]. The
main difference between these types of membranes is based on their dimensions: tubular
membranes exhibit diameters larger than 10 mm, diameters below 0.5 mm for hollow fibers
and diameters between 10 mm and 0.5 mm for capillary membranes [189].

8.2. Plate-and-Frame Module

Plate-and-frame modules represent the pioneer types of membrane unit, whose design
is based on the conventional filter-press [190]. Plate and frame modules are the most
common setups, which are similar to the flat membranes used in the laboratory. They
can be mounted in plate, bag or spiral-wound form [26]. These module membranes are
separated by a feed spacer, with the separate layers stacked towards each other, like a
sandwich. These spacers serve to seal the module and allow the flow of material through
the drilled holes and alternate channels [29]. The membrane surfaces per module volume
(packing density) range from 100–400 m2/m3. A stop disc is used in order to favor the flow
over the surface membrane and reduce the formation of preferential channels [189]. Plate-
and-frame modules present advantages such as: exchange ability of single membranes,
low sensitivity to particulate blocking of the feed channels and usage of flat membranes
without the usage of glue. In addition, they exhibit disadvantages such as: need of several
sealings, high pressure drop and low packing density [191]. Currently, this kind of module
is still used in ultrafiltration and pervaporation processes and represents the only plate-and-
frame configuration used in solution-diffusion membranes [192]. Since plate-and-frame
modules present smaller membrane surface area per unit volume, they are effective in
pervaporation applications [192]. However, compared to hollow fiber and spiral-wound
modules, plate-and-frame modules are less applied in gas separation [190]. For instance,
oxygen enrichment from air, organic vapor recovery and even medical applications are
among the commercial applications of these modules in gas separation [193].

8.3. Spirally Wound Modules

The spiral-wound format was the first to be commercialized [26] and was initially
developed for reverse osmosis applications. Spiral-wound modules are typically applied in
CO2 removal from natural gas and vapor/gas separations [32]. Currently, this configuration
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is also used in ultrafiltration and gas permeation applications, which render it an important
module in membrane applications [194]. This kind of module is used when countercurrent
flow is not required to increase separation efficiency and when pressure drop must be taken
into account [50].

This configuration consists of a plate-and-frame system that wraps around a central
collection tube, similar to a sandwich roll. A spacer material is placed between the mem-
branes to prevent contact of the feed and permeate, as well as to allow free space for the
interaction of gas molecules with the membrane [29]. The interleaved sheets are spirally
wound around a central permeate collection channel [26,188]. The feed stream flows along
the center tube in axial direction, while the permeate flows in radial direction towards
the center tube and is collected on the inside of the envelope. The packing density of this
spirally wound module (300–1000 m2/m3) is greater than that of the plate-and-frame mod-
ule. However, this parameter depends on the channel height, which in turn is determined
by the permeate and feed-side spacer material. According to Caro and co-workers (2007),
spiral-wound modules exhibit a good mass transfer due to feed spacers, are simple, and
present a cost-effective fabrication and relatively high packing density/membrane area-to-
volume ratio (up to 1000 m2/m3). However, spirally wound modules exhibit disadvantages
such as difficultly to be cleaned and long permeate pathway [195]. Less than 20% of gas
separation membranes nowadays are manufactured as spiral-wound modules. Currently,
spiral-wound modules are industrially used in natural gas processing.

8.4. Tubular Modules

Tubular membrane modules are based on cylindrical membranes, which consist of
thin layers of selective membrane deposited on the two membrane faces of a porous
stainless steel, ceramic, or plastic tubular support with a diameter superior to 10 mm.
Tubular membranes can be manufactured with inner diameters ranging from 5–25 mm,
with 12.5 mm being the most common diameter. Although the number of tubes placed in
the module is not limited, it can vary from 4 to 18 tubes [26,188]. The feed flows through
the center of the membrane tubes and the permeate moves across the membrane from the
inside to the outside, subsequently flowing into the larger tube [189]. Ceramic membranes
are mainly assembled in such tubular module configurations. The packing density is rather
low, typically <300 m2/m3 [29,188]. The main advantages of this module are: membrane
fouling can be easily controlled, which reduces operating costs, as well as concentration
polarization effects [26]. Thus, given their resistance to fouling (due to the effect of good
fluid hydrodynamics), the use of tubular modules is often restricted to ultrafiltration
applications [196].

8.5. Capillary Module

The capillary module consists of a large number of capillaries assembled together in
a module with an inner diameter of 0.2–3 mm arranged in parallel as a bundle in a shell
tube [26]. They are self-supporting and the free ends of the capillaries are encapsulated
with agents such as epoxy resins, silicone rubber or polyurethanes. There are two types
of module arrangements: (1) membranes where the feed passes through the bore of the
capillary and the permeate exits through the side of the membrane and (2) membranes
where the feed enters the module on the shell side and the permeate exits through the bores
of the membrane [188,189]. The selection of the module arrangement will depend on the
application, and parameters such as operating pressure, pressure drop, type of membrane
material available, etc. Packing densities range from 600 to 1200 m2/m3 [188].

8.6. Hollow Fiber

The hollow fiber module is similarly to the capillary module. Spiral-wound and hollow
fiber modules are commercially available for gas separation. Hollow fibers are based on
a porous, non-selective support layer (~200 µm) and an active layer (actual membrane)
(<40 nm). As a result of the small thickness of the active layer, this must be supported by a

217



Processes 2022, 10, 1918

thicker layer in order to obtain mechanical strength, to withstand the pressure difference
between the feed and permeate side [197].

The hollow fiber membrane module consists of a large number of hollow fibers
assembled together into a bundle, which is encapsulated at the ends to prevent leakage
between the feed and permeate chambers [29]. The fibers, arranged in parallel to pass
through the tubular sheets or one or both ends of the device, range between 1.0 and 1.5 mm
outside diameter and the bore of the fibers has a typical diameter of 0.5–1 mm. Two types of
module arrangement can be distinguished: (1) membranes where the feed enters through
the bore of the fiber (“inside-out”) and the permeate is collected outside the membrane in
the housing or (2) membranes where the feed enters on the outside (“outside-in”) and the
permeate passes into the membrane bore. Hollow fiber modules exhibit the highest packing
density among all module configurations, reaching values of up to 30,000 m2/m3 [188]. The
high membrane area-to-volume ratio, together with their high packing density and cheap
fabrication cost, are the main advantage of the hollow fiber module. The low-pressure
resistance and mostly laminar flows, which increases mass transfer limitations, rank among
the main disadvantages of this membrane module [190].

8.7. Module Selection Criteria

Gas separation systems are commercially available as hollow fiber or spirally wound
modules and, in some applications, also in plate-and-frame modules. The selection of the
appropriate membrane module is typically determined by cost considerations. Hollow
fiber modules are more economical per square meter, however the fabrication of very thin
selective layers in the form of hollow fibers is a difficult process. As a result, the permeance
in this type of membrane tends to be lower than in flat sheet membranes based on the
same polymer. Hollow fiber modules require more membrane surface area to achieve the
same separation factor. They also require more feed pretreatment than spirally wound
modules for the removal of particles, oil residues and other fouling components [32,59].
According to Ismail and co-workers (2015), the manufacturing cost ($/m2) for hollow
fiber ranges from 2 to 10 $ per m2, from 5 to 50 $ per m2 for capillary fibers, from 5 to
50 $ per m2 for spirally wound, and from 50 to 200 $ per m2 for plate-and-frame and
tubular membranes [26,32]. However, capital costs are not the only factor to consider when
selecting membranes modules. Therefore, it is necessary to consider that the choice of
membrane module will also depend on the application (Table 2) [32,197].

In gas separation plants, especially refinery and petrochemical operations, the cost of
the modules corresponds to only 10–25% of the total cost of gas separation. Indeed, even if
the cost of the membrane modules was reduced, the total cost of the plant would decrease
significantly [32].

The economics of the process of membrane-based separation is determined by process
design. Single-stage configurations entail low capital costs and are only suitable when the
required purity and product recovery are moderate. More demanding applications require
multiple stages of separation and recycling. The design of a membrane system involves
the configuration of the permeator network and the operating conditions of the individual
permeator systems [198]. A key part of the membrane gas separation design is the selection
of the separation configuration. Single-stage configurations without gas recycling are
the most common and simplest design. However, the demand for higher product purity
(for instance methane contents of 98–99.5% in biomethane) and the need for recovery
target products makes the use of recycle streams as well as multi-stage configurations
a must [199]. These multi-stage systems are typically designed using two, three or four
stages [200]. Figure 15 displays the main process configurations.
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Table 2. Characteristics and typical applications of the different modules for gas separation.

Module Configuration Features Typical Applications Used by

• High Pressure
• Shell-Side Feed
• Hollow Fiber

- Cross-flow
- Feed gas require pretreatment
- Good feed flow distribution

- H2 recovery in refineries
- CO2 removal from

natural gas

Medal
Cynara
Other

• Low Pressure
• Bore-Side Feed
• Hollow Fibers

- Counter-flow
- No Fouling issues

- N2 from air
- Dehydration of air

Medal
Air products

Parker

• Spirally Wound Modules
- Cross-flow
- No fouling issues
- Wide range of membrane can be used

- CO2 removal from
natural gas

- Vapor/gas separations
MTR
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The one-step system uses a single membrane and compressor (Figure 15a), which en-
tails a low energy consumption, with no internal recirculation of the rejected gas [9,31,201].
This configuration needs less maintenance and reduces the operational cost compared
to multistage membrane units [9]. The second-step system (Figure 15b) involves a gas
recirculation loop for the gas retained to a second membrane installed to increase the purity
of biomethane and the recovery of methane [9]. The third-step (Figure 15c) system is also
based on two membranes, where the rejected gas from the first membrane is purified in a
second membrane and recirculated to the first membrane [9]. The most complex configura-
tion (Figure 15d) involves the purification of the permeate from the first membrane in a
sequential membrane in order to increase the efficiency of the process, and the recovery of
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the CH4 from the gas rejected by the first membrane (using a third membrane) and from
the rejected gas of the polishing membrane via recirculation [31].

9. Conclusions

The development of compact and low-cost biogas-to-biomethane and biohydrogen-to-
high purity H2 conversion technologies is crucial to ensure the competitiveness of these
green energy vectors, and to promote the implementation of anaerobic digestion and dark
fermentation for organic waste treatment. Nowadays, the removal of CO2 from biogas at
the industrial scale is carried out by physical/chemical technologies, which exhibit high
operating costs and corrosion problems. In fact, CO2 removal at the commercial scale is per-
formed using very energy-intensive technologies that require a prior removal of H2S, such
as pressurized water scrubbers, chemical and organic solvent scrubbers, PSA adsorption
systems or cryogenic CO2 separators. On the other hand, biological technologies for CO2
removal from biogas are still in an experimental development phase and require large areas
of land or the availability of renewable hydrogen. In this context, the energy demand and
effectiveness of membrane-based CO2 separation from biogas and biohydrogen is gradually
decreasing as a result of the rapid advance in material science. In the last decades, a wide
variety of polymeric materials have been developed to increase the gas transport perfor-
mance of membranes. However, several challenges remain in the field, such as the trade-off
between permeability and selectivity (which often prevents overcoming the Robeson lim-
its), the physical aging of membranes and material plasticization (which visibly affects
membrane performance). In this context, novel inorganic materials, with outstanding
chemical and thermal properties (superior to polymeric materials) and excellent perfor-
mance in gas separation, have been recently synthesized. However, despite these materials
being difficult to process, their combination with polymeric materials in order to develop
MMMs has resulted in unprecedented gas separation performance. In addition, polymeric
materials capable of producing benzoaxazoles have been recently used to develop ther-
mally rearranged MMMs, leading to excellent gas separation properties, exceeding the
Robeson limit, as well as delaying physical aging. Thus, the development of new materials
with enhanced physical and chemical properties compared with conventional organic and
inorganic membranes, providing a superior performance in terms of permeability and
selectivity, represents the cornerstone in biogas and biohydrogen upgrading.
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Abstract: The United Kingdom (UK) has a decarbonisation strategy that includes energy from both
hydrogen and biomethane. The latter comes from the growing anaerobic digestion (AD) market,
which in 2020 produced 23.3 TWh of energy in the form of biogas. According to the strategy,
this must be upgraded to biomethane by removal of carbon dioxide (CO2): a goal that could also
be fulfilled through CO2 biomethanisation, alleviating the need for carbon capture and storage.
Results are presented from a survey of publicly available datasets coupled with modelling to identify
potential scale and knowledge gaps. Literature data were used to estimate maximum biomethane
concentrations by feedstock type: these ranged from 79% for food wastes to 93% for livestock
manures. Data from various government sources were used to estimate the overall potential for CO2

biomethanisation with current AD infrastructure. Values for the uplift in biomethane production
ranged from 57% to 61%, but the need for more consistent data collection methodologies was
highlighted. On average, however, if CO2 biomethanisation was applied in all currently operating
UK AD plants an energy production uplift of 12,954 GWh could be achieved based on 2020 figures.
This is sufficient to justify the inclusion of CO2 biomethanisation in decarbonisation strategies, in the
UK and worldwide.

Keywords: in-situ biomethanisation; power-to-gas; anaerobic digestion; biomethane production;
United Kingdom policy; energy security

1. Introduction

CO2 biomethanisation is the microbially mediated transformation of carbon dioxide
(CO2) to methane (CH4) via the addition of exogenous hydrogen (H2), according to the
overall reaction shown in Equation (1):

4 H2 + CO2 → CH4 + 2 H2O (1)

The process has clear potential applications in the anaerobic digestion (AD) industry,
which utilises microbial communities to transform a wide variety of organic materials into
biogas, a mixture of biomethane and CO2 [1]. These mixed communities already contain
the hydrogenotrophic methanogens which catalyse the direct CO2 biomethanisation route
shown in Equation (1), as well as syntrophic organisms able to mediate indirect routes, e.g.,
via homoacetogenesis and acetoclastic methanogenesis [2,3]. The combination of AD with
H2 addition to promote CO2 biomethanisation can thus improve the methane productivity
of digesters fed on organic feedstocks [4], increasing the energy output (and therefore,
viability) [5,6] and enhancing the carbon utilisation efficiency [7].

The United Kingdom (UK) has a well-established AD market, with initial incentives for
distributed small-scale (<5 MWe) electricity production introduced in the 2002 Renewables
Obligation (RO) and the 2010 Feed-In Tariff (FIT). It is, however, becoming increasingly
common practice in many countries to upgrade biogas to biomethane by removal of CO2
and other impurities [4,8]. This is because biomethane is valuable as a low carbon fuel that
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can be utilised locally or upgraded to share existing natural gas storage and distribution
networks for use in heating, transport and the centralised generation of electricity [4].

Biomethane production in the UK has been promoted by the Renewable Heat Incentive
(RHI), which accepted applicants between 2011 and 2021. This was followed by the Green
Gas Support Scheme (GGSS), introduced in late 2021 and designed to encourage the
production of biomethane for gas grid injection, with a minimum of 50% of the gas coming
from wastes. The GGSS reflects the UK Government’s ongoing commitment to increasing
the growth of biomethane production through AD, based on the advice and projections of
the Climate Change Committee (CCC) in its Sixth Carbon Budget [9]. The CCC calculates
that biomethane/biogas could displace up to 10% of UK demand for natural gas and
predicts that by 2030, biomethane production could more than treble from 2020 levels.
Furthermore, by 2035, it could abate the equivalent of 1.5 million tonnes year−1 of CO2
through fossil gas displacement [9].

Hydrogen also plays an important part in the UK’s decarbonisation scenario, with
plans to kick-start a mass market for hydrogen by reformation of fossil gas accompanied by
carbon capture and storage (CCS). In addition, electrolytic hydrogen production from excess
renewables will also be developed in a ‘Balanced Pathway’ scenario, in which reformed
hydrogen will provide 60% of the requirement by 2035, after which, this proportion will
decrease in favour of electrolytic hydrogen production, which will make up almost 50% of
the rising target for production by 2050 [9].

The current UK strategy proposes that biomethane targets are met through refining
biogas to remove the biogenic CO2, which will subsequently require permanent storage,
i.e., through carbon capture and storage (CCS) solutions. As biomethane and electrolytic
hydrogen production are already part of the UK’s energy strategy, however, it also makes
sense to consider the potential role of CO2 biomethanisation of organic wastes. This could
address the upgrading requirement, utilising existing AD assets at a relatively low capital
cost [5,10] with the added bonus of increasing overall methane yields, and the prospect
that the process may be more energetically efficient and cheaper than CCS with its as-yet-
unknown costs. CO2 biomethanisation thus offers both a means to support the transition
from carbon-based fuels to hydrogen, and a rational long-term solution to maximise the
energetic value of biomass carbon-based renewable fuels in their own right.

Nevertheless, future policy which considers this option cannot be formulated and then
prescribed without the necessary data for modelling and assessment. CO2 biomethanisation
is still in its early stages as a commercial process, with only a few examples of plants
operating at scale [7], almost all of which are based on the use of separate dedicated
bioreactors fed on gaseous inputs in ex situ processes [3,5]. There is, however, a growing
body of research on in situ and hybrid processes in which H2 alone or with additional
CO2 is injected directly into a digester, with a variety of organic feedstocks, equipment
configurations and operating conditions. There is thus a need to assess the available
data with regard to anticipated improvements in process performance, and to the scale of
existing AD resources in the UK. The outcomes can then be considered in the context of
dynamic economic, technology and infrastructure developments in renewable power and
hydrogen production, and use.

As a first step in this complex journey, the current work has carried out a high-level
review of the potential scale of application in the UK, supported by an assessment of
reported data on in-situ CO2 biomethanisation performance according to feedstock type.
This provides an essential starting point for identifying research and policy needs for the
integration of CO2 biomethanisation as a contributor to the UK future energy mix and for
assessment of its potential role in the transition from a fossil-based energy system.

Alternative routes to CO2 methanisation via thermal catalytic conversion are also
currently under development [4,7] but are not considered in this paper as the principle
focus is on conversion of biogas from AD of organic wastes.
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2. Materials and Methods
2.1. Performance of CO2 Biomethanisation of Organic Feedstocks

The objective of this part of the work was to establish values for the increases in
methane production and biogas methane content that could be achieved through CO2
biomethanisation of a range of organic feedstocks. To achieve this, experimental results
were collated from relevant studies, focusing primarily on addition of exogenous H2: a
small number of studies examining approaches such as syngas addition were also con-
sidered, but bioelectrochemical systems were not included as, although promising, the
technology is some way from large-scale application [4,11].

Parameters taken from the literature included substrate type, operating temperature
(◦C), digester configuration and characteristics, organic loading rate (OLR) expressed as g
volatile solids (VS) L−1 day−1 or g Chemical Oxygen Demand (COD) L−1 day−1, hydraulic
retention time (HRT, days) and operating pH. Reported and/or calculated values for spe-
cific methane potential (SMP: L CH4 g−1 VS or L CH4 g−1 COD), volumetric methane
production (VMP: L CH4 L−1 digester day−1), H2 input (L H2 L−1 day−1) and output gas
composition (% volume) were used to calculate the change in SMP and VMP due to CO2
biomethanisation. Note that the term SMP is used here to refer to the total volume of
methane produced, from both anaerobic degradation of organic material and biomethanisa-
tion of CO2 where applicable, per unit of organic feed added. Similarly, the VMP is based
on the total volume of methane produced from both sources, per unit working volume of
reactor per unit time. The difference between VMP with and without addition of H2 (or
H2 and exogenous CO2) is assumed to be methane produced from CO2 biomethanisation
and is referred to as the Methane Evolution Rate (MER: L CH4 L−1 day−1). The CO2 re-
moval rate (CRR) is similarly defined as the difference between volumetric CO2 output
(L CO2 L−1 day−1) with and without H2 addition, adjusted for any additional exogenous
CO2 input. The terms volumetric biogas production and volumetric gas production (VBP
and VGP, L L−1 day−1) were used to distinguish between the sum of methane and carbon
dioxide outputs, and the total gas output including any residual H2, respectively. More
detailed nomenclature and definitions are provided in Supplementary Materials S1.

A number of other parameters based on the above data were also evaluated. The
H2 transfer efficiency E (%) refers to the proportion of H2 successfully transferred into
the system, i.e., not leaving in gaseous form in the output gas; and is calculated from (H2
input-H2 output)/H2 input, with inputs and outputs in L H2 L−1 day−1. The expected MER
is the amount of H2 transferred divided by 4, based on reaction stoichiometry, and is equal
to the expected CRR; these values can then be compared with the actual observed MER and
CRR. The ratios between actual MER and actual CRR; actual MER and original volumetric
CO2 output (without CO2 biomethanisation); VBP with and without CO2 biomethanisation;
H2 transferred to actual MER and actual CRR; and H2 input to original volumetric CO2
output (without CO2 biomethanisation) were also determined.

Where control reactors without H2 addition were operated, the change in SMP or
VMP due to CO2 biomethanisation was taken as the difference between control and ex-
perimental values during the same period; in trials without controls, experimental values
were compared with those of a baseline period without H2 addition. Where multiple sets
of conditions were tested, the best performance in terms of SMP and/or biogas methane
content under apparently stable conditions is shown. As far as possible, calculations were
carried out in a standard manner. In some cases, this means values differ slightly from
those reported in the original paper. Wherever possible, the consistency of results was
checked by comparing reported and calculated values: e.g., under steady state conditions
SMP × OLR = VMP. If some aspect appeared unclear or inconsistent, the authors were con-
tacted to request additional information. More details of calculation methods are provided
in the Supplementary Materials.

Digestion systems operating in the temperature range 35–40 ◦C are referred to as
mesophilic, and between 50–60 ◦C as thermophilic. Unless specified, standard temperature
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and pressure (STP) values of 0 ◦C and 101.325 kPa were assumed and applied throughout
this work.

To provide indicative values for modelling, outputs from individual studies were
grouped into the following feedstock types: livestock manures, crop materials and agro-
wastes, food wastes, the organic fraction of municipal solid waste (OFMSW) and sewage
sludges. In some cases, there was no single study that directly demonstrated the maximum
achievable SMP and biogas methane content for a given feedstock type. Where possible,
this was estimated from baseline pH and biogas CO2 concentrations (i.e., without CO2
biomethanisation) and observed or assumed maximum pH values for stable operation with
CO2 biomethanisation, using an equation derived and tested for this purpose [12].

2.2. AD Feedstock/Energy Production Data and Calculations

Several potential sources of data on AD feedstock quantities and energy production are
available and were assessed for use in the current work. Those selected for use were derived
from freely available public sources. The most detailed is the dataset which accompanies
the Renewable Obligation’s Annual Report (2019–20) [13], produced by the Office of Gas
and Electricity Markets (Ofgem), the regulator for the electricity and natural gas markets in
Great Britain. All RO biomass electricity generators over 50 kWe are required to report on
feedstock sustainability criteria in two areas: greenhouse gas (GHG) criteria for national
emissions data collection; and land criteria, to assess land use and potential change [14].
The resulting data are expressed as volume of biogas produced for each of 10 feedstock
categories aggregated from the RO feedstock consignment sustainability data (RO-SUS) [15].
In order to derive fresh feedstock tonnages, biomethane content and the energetic value
of the biomethane from the biogas data, these feedstock categories were characterised
using data from the University of Southampton’s Anaerobic Digestion Assessment Tool
(ADAT) [16], and from the literature review.

A similar feedstock characterisation and energy calculation exercise was carried out
on AD feedstock volume data provided by the UK Government’s Department for Envi-
ronment, Food and Rural Affairs (Defra) [17]. Results were compared with the RO data
where possible.

Values used in the RO/Defra feedstock calculations were applied to the energy pro-
duction data in the 2021 UK Digest of UK Energy Statistics (DUKES) [18] for anaerobic
digestion and sewage gas. The DUKES data, which are produced by the UK Government’s
Department for Business, Energy and Industrial Strategy (BEIS) from a wide array of other
sources, were also used to provide a wider overview.

Maximum CH4 values for CO2 biomethanisation of organic feedstocks derived from
the literature review were then utilised to calculate a potential uplift in energy for the RO,
Defra and DUKES data [13,17,18].

3. Results and Discussion
3.1. Performance of CO2 Biomethanisation by Feedstock Type

Several excellent reviews on CO2 biomethanisation have recently been published,
from the wider perspective of biogas upgrading [4,19] to those more specifically focused
on the biological process [3,11] and ranging from technical assessment to fundamental
biochemical aspects [2,5,6]. This part of the current work considered the same data from
the viewpoint of assessing the achievable performance according to feedstock type. An
ideal study for this purpose accurately simulates large-scale operation, but in practice, this
can be challenging: common issues include the fact that laboratory-scale reactors may be
fed only once per day and/or 5 days per week, while feeding of commercial digesters is
usually more frequent. Arrangements for the supply and recirculation of external and
headspace gases are also different at large and small scale, with laboratory experiments
relying on a variety of approaches from continuous or intermittent input with or without
recycling to daily injection under pressure. These affect the availability of exogenous gases
over time, and further interact with different modes organic waste feeding which in turn
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influence the in-situ gas composition. Perhaps most importantly, reactor mixing and mass
transfer parameters can vary considerably with scale. All of these factors may affect the
biochemical environment, microbial community and metabolic pathways which determine
the achievable methane yields and concentrations. In addition, experiments are designed
for a range of different purposes and do not necessarily provide data on the maximum
stable methane yield or concentration; nonetheless, these studies provide an indication of
the potential performance and what is known to date.

In some cases, issues were encountered when attempting to put data from different
sources into a comparable format. Some studies include residual H2 in the reported biogas
production, while others do not: not all specify this. Most studies indicate that reported
gas volumes have been normalised to STP, but not all state which STP conditions are
used. When gas compositions are reported, the main components (CH4, CO2, H2) do
not always sum to 100%: authors do not always state whether they are reporting dry
and/or normalised gas volumes, or whether any discrepancies are due, e.g., to variability
in experimental measurement or to the inclusion of water vapour and other trace gases. A
range of different terms are used to describe the proportion of input H2 that is consumed,
and the resulting increase or decrease in CH4 and CO2 produced. There is a clear need for
more consistent reporting, and a comprehensive set of standards for this purpose has been
proposed [20].

3.1.1. Livestock Manures

Starting with the earliest work on in situ CO2 biomethanisation of waste feedstocks [1],
several studies have been conducted using cattle manure (CM) as the sole or main substrate.
Luo et al. [1] ran duplicate CSTR digesters for 3 HRT at an OLR of around 6 g VS L−1 day−1

using sieved CM diluted by a factor of 2 for ease of small-scale operation. H2 was added
continuously to one digester via two ceramic diffusers at around four times CO2 production
(H2/CO2 ratio 4:1 v/v), while the other digester continued operating as a control. The
experiment aimed to demonstrate the principle rather than to optimise the system: specific
methane production per unit of organic feed (SMP) rose from 60 to 73 L CH4 kg−1 VS but
the biogas methane concentration only increased from 62% to 65% due to unconverted H2
in the output gas.

Two-stage systems in which the first digester was fed twice daily on CM were tested
by Bassani et al. [21]. The second digester received biogas and digestate from the first, with
exogenous H2 added at four times the initial CO2 volume. One system was operated under
mesophilic and one under thermophilic conditions. As expected, the thermophilic system
gave higher specific and volumetric methane yields than the mesophilic. Both systems had
higher specific methane yields than those obtained by Luo et al. [1], probably at least in part
due to the longer overall HRT; but VMP in the mesophilic system was lower than in Luo
et al. [1] because of the requirement for a second reactor. The methane concentration was
88.9% in the mesophilic system and 85.1% for the thermophilic, reflecting a higher residual
H2 content in the thermophilic system. The same system configuration and operating
conditions were used to investigate changes in performance and microbial community
over an extended period [22]. Results for the early stages of stable operation were similar
to those of Bassani et al. [21]; but after two years of operation, biogas methane content
was increased to around 99%, with an associated rise in both pH and volatile fatty acid
(VFA) concentration. The VFA was primarily acetate, and was attributed to enhanced
homoacetogenesis accompanied by changes in the microbial population.

Wahid and Horn [23] used a 2-stage system with two 6-L CSTRs operating in series
at 55 ◦C. The first reactor was fed on CM at an HRT of 15 days, while the second received
biogas and digestate from the first at an HRT of 20 days. After 120 days of stable operation,
H2 was added initially at a 2/1 H2/CO2 ratio, and subsequently at 4/1. Mixing speeds
and gas recirculation rates were varied. There are some inconsistencies between reported
values for OLR, SMP and VMP but the highest observed increase in SMP was 90%, similar
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to the value found by Treu et al. [22], though H2 transfer efficiency was lower, resulting in
a higher residual H2 content.

Lebranchu et al. [24] operated a 142-L CSTR with a working volume of 100 L at 40 ◦C.
The digester was fed continuously on CM with a VS content of 11% at an HRT of 28 days;
the source of inoculum is not stated. H2 was added continuously via a silicone tube diffuser
without gas recirculation, and digester contents were mixed by helical and Archimedes
screw mixers. The trial ran for 2.5 HRT with H2 addition rates increasing from zero to
0.17, 0.29 and 0.45 L H2 L−1 day−1. This was followed by trials at different mixing speeds,
then additional exogenous CO2 was injected at 0.05 L CO2 L−1 day−1 with a matching
stoichiometric increase in H2. SMP rose from 0.186 to 0.221 L CH4 g−1 VS with H2 addition,
and to 0.236 L CH4 g−1 VS with exogenous CO2 and H2. The relatively large scale, simple
configuration and operating mode of this study make these results particularly useful in
estimating the possible performance of conventional commercial systems.

Diluted pig manure was digested at mesophilic and thermophilic temperatures under
different mixing conditions in CSTRs operating at an OLR of 2 g VS L−1 day−1 and an
HRT of 25 days [25–27]. Under the same operating conditions, thermophilic digestion
gave higher specific and volumetric methane yields than mesophilic. The highest SMP
was observed in thermophilic conditions with continuous mixing and addition of H2 and
sodium formate [25], although the biogas methane concentration was lower than without
the H2 addition due to the presence of residual H2 in the output gas. The greatest increase
in SMP was under mesophilic conditions with H2 addition and intermittent mixing [26]; in
this case, methane production decreased with continuous stirring. The different response
of the two systems to a change from intermittent to continuous stirring was attributed
to different effects on alkalinity, TAN, VFA concentration and pH associated with CO2
dissolution in the liquid phase.

No studies appear to have used other livestock manures as a mono-substrate, although
digestate from a 2-stage system fed on chicken manure was used to inoculate reactors
receiving exogenous H2 and CO2 and to replenish buffering capacity during the enrichment
stage [28].

Systems with CM as a major feedstock component have been studied by several
researchers. Whey has been used as an acidogenic co-substrate to counteract the pH increase
associated with in situ CO2 conversion [29]. An increase of 80% in SMP was achieved in
a single-stage thermophilic CSTR with ceramic diffuser and magnetic stirring [30]; the
highest stirring speed led to a small reduction in methane production. The best results
were achieved using a hollow fibre membrane (HFM) for H2 transfer, with an increase
in SMP from 0.288 to 0.516 L CH4 g−1 VS, a biogas methane content of 96.1%, and no
residual H2 detected. A two-stage thermophilic system previously operated with CM as a
mono-substrate [23] was also used to test CM + whey at different feedstock ratios, feeding
frequencies and stirring speeds [31]: SMP increased by up to 23% with H2 addition but
residual CO2 and H2 contents were high, indicating poor mass transfer and leading to a
rather low biogas methane concentration.

CM and potato starch were used as co-substrates in a 2-stage system consisting of a
CSTR followed by an upflow anaerobic sludge blanket (UASB) reactor, with H2 added to
the first stage and gas recirculated between the stages [32]. H2 transfer efficiencies were
around 98.5% but VFA accumulation occurred, and stable operation with H2 addition was
not achieved: the results are therefore not shown in Table S1.

Mesophilic digestion of CM and vegetable wastes was carried out in a 2-stage reactor
at a reported OLR of 3.5 g VS L−1 day−1 and HRT of 10 days, under a range of gas
recirculation and H2 addition rates [33]. H2 addition gave increases in SMP of around 67%
and 157% with and without optimised gas recirculation, respectively. The 2-stage system
appeared capable of eliminating residual H2 and was able to achieve biogas methane
concentrations of 92% without and 99% with recirculation, respectively.

For studies using other co-substrates with CM as the minor component, see the sections
on crops and agro-wastes and on food wastes below.
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Several other studies not shown in Table S1 have used manure or manure-based diges-
tates and feedstocks and/or inoculum. Batch experiments with CM as substrate were car-
ried out to investigate the effect of H2 addition at different ammonia concentrations [34,35].
Garcia-Robledo et al. [36] used micro-sensors to study the dynamics of H2 and CO2 conver-
sion in fresh CM and CM digestate, but the experiment was not designed to establish likely
yields in a typical commercial process. Lab-scale breeder reactors inoculated from CM
digesters and fed on digestate from these were used to generate material for batch testing
with H2 addition [37]. The work was part of a study investigating the effect of inoculum
source on metabolic pathway, and also tested wastewater biosolids digestate; but again,
the aim was not to simulate performance in a full-scale process.

The results in Table S1 confirm that useful increases in SMP can be achieved by
biomethanisation of CO2 in CM digestion: this is of particular interest for this substrate,
which is known for its low energy potential, making small-scale on-farm digestion econom-
ically challenging [38]. High rates of H2 transfer and conversion were demonstrated in
several of the studies. Membrane systems (ceramic and HFM) generally achieved good
transfer without gas recirculation, while digester mixing also had an effect, although high
mixing rates did not always improve methane yields [26,29,31]. Mixing and mass transfer
performance are strongly affected by scale: effective mixing is more difficult to achieve
in a full-scale plant, while depth and pressure effects may contribute to improved gas
transfer [39–41]. Understanding of these effects and how they interact with system biology
is still in its early stages, and more research at pilot and full scale is clearly needed if
industry is to have confidence in adopting these technologies [3,4].

As can be seen from Table S1, the change in biogas methane content brought about by
CO2 biomethanisation is highly dependent on the applied H2 loading and the effectiveness
of the transfer method, as well as requiring the presence of an appropriate microbial
population. Residual unconverted H2 reduces the methane concentration in the output gas.
Depending on the intended end-use, this may be a significant issue, while low transfer and
conversion rates arguably represent a waste of H2. Two-stage systems were able to achieve
a high methane content, but provision of a second digester is expensive, especially if heating
and mixing are applied. In the systems described here, the primary digester generally
received both organic feed and H2, with biogas and digestate then passed to the secondary
digester to improve the H2 conversion with or without further gas recirculation. This
approach is already a step towards ex-situ biomethanisation, in which case, a reactor type
with more efficient gas transfer may be preferred. Many manure digesters have unheated
static tanks for digestate storage, however, so there may also be scope for research on
whether and how these could be adapted to fulfil a similar role in increasing H2 conversion.

Values for VMP and MER varied considerably between the studies in Table S1, reflect-
ing differences in substrate properties and concentration/dilution, as well as the presence
of residual unconverted H2 and CO2. These parameters are commercially significant, how-
ever, and care is therefore needed when interpreting or reporting them. Co-digestion of
Whey + CM may be attractive as a means of increasing the volumetric and specific methane
productivity as well as reducing the pH, while both substrates may be locally available in
dairy areas.

Conclusions for pig manure were broadly similar to those for CM, despite some
differences in the typical characteristics for these substrates [16].

Most of the studies reported in Table S1 were carried out under thermophilic con-
ditions, which generally give a higher SMP at a shorter HRT than mesophilic manure
digestion [21]. Thermophilic digestion of CM is not widely practiced in the UK, how-
ever; and in combination with the different conditions applied in different studies, this
makes it difficult to choose appropriate values for use in the current modelling. It was
therefore decided to take typical baseline values for mesophilic CM digestion of SMP
0.190 L CH4 g−1 VS, biogas composition 60:40% CH4: CO2 and pH 7.5 [16,24], and apply
the pH/pCO2 relationship developed in Tao et al. [12]. Assuming stable mesophilic opera-
tion with H2 addition is possible at pH 8.2 (Table S1, [21]), this equates to a biogas methane
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content of 95% and SMP around 0.300 L CH4 g−1 VS with CO2 biomethanisation. These
values are summarised in Table 1 for application in the modelling stage of this work.

Table 1. Estimated maximum biogas methane content and SMP for use in modelling.

Without CO2 Biometh With CO2 Biometh

Substrate Type SMP a CH4
a pH a b Assumed

Max pH a
Predicted
Max CH4

Predicted Max
SMP

L CH4 g−1 VS % % L CH4 g−1 VS
Livestock manures 0.190 60 7.5 7.60 × 10−8 8.2 93 0.295
Crop & agro-wastes 0.350 55 7.5 6.75 × 10−8 8.2 92 0.587

Post-consumer food wastes 0.450 55 7.9 2.54 × 10−8 8.2 79 0.649
OFMSW 0.300 55 7.5 6.75 × 10−8 8.2 92 0.503

Sewage sludge 0.260 65 7.5 8.68 × 10−8 8.0 90 0.359
a Based on literature values (see Tables S1–S4), cross-checked with ADAT [16] where possible. b Coefficient for
equation relating pH and pCO2 under mesophilic conditions [12].

3.1.2. Crops and Agro-Wastes

Relatively few CO2 biomethanisation studies to date have focused on these substrates.
A comparison of different possible scenarios for in-situ and ex-situ CO2 biomethanisation
was carried out based on experimental data for grass silage [42]. Only in-situ results are
included in Table S1, although ex-situ systems may correspond to the second stage of a
two-stage process in some operating configurations. In this part of the study, the grass
silage was digested thermophilically in a single-stage CSTR at an OLR of 4 g VS L−1 day−1

and HRT of 46 days using two types of diffuser. The findings demonstrated once again the
importance of effective mass transfer, with the ceramic diffuser achieving a 68% increase in
SMP compared to 19% for the low-capacity diffuser, and quite creditable VMP and MER
values, although still with a significant residual H2 content.

130-L anaerobic filters (AF) fed on maize silage hydrolysate were trialled at two
H2/CO2 ratios, using a venturi nozzle for gas injection and with both liquid and gas
recirculation [43]. The AF acted as the methanogenic reactors in a 2-stage system, in which
the first stage was a continuously stirred acidification reactor fed on maize silage with
a small component of sugar beet silage effluent. The fixed bed in the AF consisted of
high-density polyethylene bio-media with a specific surface area of 312 m2 m−3. The AF
configuration offers potential advantages in biomass retention and gas transfer, but previous
studies have focused on ex-situ biomethanisation. It should be noted that some values
presented in Table S1 differ from those reported in the paper due to differences in definition
and calculation methods. Maize silage was also the feedstock in a 2-phase thermophilic
system consisting of hydrolysis and fixed-bed methanogenic reactors [44]. The authors
trialled a range of hydrolysis conditions, with H2 added to the methanogenic reactor in
some runs. Specific methane production is only reported for the whole system, and the
control and experimental methanogenic reactors were, respectively, 145 and 180 L, making
it difficult to compare performance on a volumetric basis; but methane concentrations were
successfully increased to over 90%.

Digestate from an AD plant processing mixed agro-wastes was used as inoculum and
feed in a single-stage mesophilic CSTR trial at different H2 loadings [45]. The feedstock
of the main AD plant is not described in detail, but is believed to include pig manure,
deep litter, slaughterhouse residues and some high-lipid wastes [46]. H2 was added to
the headspace for up to 5 consecutive days, followed by a pause of 10–21 days, in a
process described as pulsed injection. While the use of digestate in this way may be
viewed as replenishing an inoculum rather than adding a substrate, the slow anaerobic
biodegradation rates of some of the original feedstock components mean there is likely to
be residual methane potential even after conventional digestion: in this case, the control
reactor without H2 addition had an SMP of 0.293 L CH4 g−1 VS, higher than typical
values for CM. This increased to 0.571 L CH4 g−1 VS at the best-performing H2/CO2 ratio
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tested. Although the experimental method did not simulate a conventional AD process, it
confirmed the potential for CO2 biomethanisation to raise methane yields for this material,
and provided some insights on process and microbial community parameters. The same
set-up was used to explore the effect of H2 additions at higher and lower headspace CO2
concentrations across a range of OLR [47], with the results also showing acclimatisation
over successive pulsed injection cycles (Table S2).

Two important studies using a similar mixed-agrowaste feedstock containing manure,
straw, deep litter, grass and maize silage were carried out in a 1110 m3 CSTR operating
at 52 ◦C with a HRT of 13 days [39,40]. Some details of the substrate components, which
varied over the experimental period, are provided in the papers. H2 was injected using
a venturi system over relatively short periods in order to allow evaluation of the mass
transfer potential at different flow rates and with/without gas recirculation. These studies
are not included in Table S2 as they represent short-term tests without equilibration and
acclimatisation of the system; but the very large size supported by detailed analyses of
performance provides valuable reassurance on the potential for full-scale application.

A full-scale thermophilic digester fed on a mixture of pig and cattle manure, maize
silage and deep litter was used to provide inoculum for batch reactors. These were fed once
only on maize leaf then periodically supplemented with H2, in an experiment designed
to investigate metabolic pathways and microbial community structure [48]. Fed batch
operation was also employed in a serum-bottle trial using inoculum from a mesophilic AD
plant fed on maize and sweet sorghum silage and pig manure, with cellulose as the trial
feedstock [49]. Sarker et al. [50] operated a 5-L CSTR at 39 ◦C, using inoculum from a food
waste digester with a 0.55% w/w admixture of CM. From day 39–71 the digester was fed
intermittently on CM without digestate removal. Increasing volumes of H2 were injected
sequentially between days 40 and 71 into the headspace without gas recirculation. VFA
concentrations increased and effective CO2 biomethanisation was not achieved, which the
authors attributed to mass transfer limitations. Although these studies provide insights on
the respective feedstocks and inoculums, they did not attempt to simulate conventional
digestion and thus do not appear in Table S2.

Details for the two types of crop material investigated are summarised in Table S2.
Digestion of grass silage in a conventional CSTR with H2 addition via a ceramic diffuser was
an effective means of increasing SMP [42]: values for VMP and MER were also relatively
high, thanks to the good baseline SMP and applied OLR for this substrate. The output
gas contained a significant percentage of residual unconverted H2; but ratios between
H2 consumed and methane produced were close to stoichiometric, giving confidence in
the experimental results. In situ CO2 biomethanisation in fixed bed reactors processing
maize hydrolysates was also effective at increasing SMP [43,44], though here too, there was
relatively little improvement in biogas methane content under the operating modes tested.
CH4 production and CO2 consumption ratios in Illi et al. [43] were lower than would be
expected based on H2 transferred, possibly indicating dissolution in the liquid phase; no
detailed analysis was possible for Schönberg and Busch [44] as results for the two stages
could not be disaggregated.

Studies on CO2 biomethanisation of digestates from mixed agro-wastes clearly demon-
strated the potential for increasing methane yields towards those typical of commercially-
interesting substrates (Table S2, [45,47]). The high biogas methane concentrations achieved
here reflected the pulsed addition mode of H2 operation, however, and cannot be trans-
ferred directly to conventionally operated full-scale digestion.

Based on the results in Table S2 and the ADAT database of feedstock properties [16] a
baseline SMP of 0.35 L CH4 g−1 VS with a biogas methane content of 55% was selected for
both crops and mixed agro-wastes, giving an assumed maximum methane content of 95%
(Table 1).
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3.1.3. Food Wastes

Mixed food waste from a commercial AD plant, including wastes from food processing,
catering, dairy production and selected abattoir waste fractions, was the substrate for
a mesophilic trial with biomethanisation of both endogenous and exogenous CO2 [12].
Conversion of the internally produced CO2 increased the SMP from 0.561 to 0.776 L CH4 g−1

VS with a methane concentration of around 90% and no residual H2. Attempts to further
increase the methane content led to VFA accumulation, and it was concluded that stable
operation was possible up to pH 8.5. Addition of exogenous CO2 with H2 enabled a further
increase in SMP to 1.215 L CH4 g−1 VS with the same biogas composition. The system
achieved an impressive VMP of 5 L CH4 L−1 day−1, and the authors commented that the
maximum exogenous CO2 addition was determined by the capacity of the experimental
equipment rather than by any biological limitation in this case.

Source-separated domestic food waste has been widely studied because of its rising
popularity as an AD feedstock. A mesophilic trial carried out using FW from a source
characterised in previous work [51,52] demonstrated an increase in SMP from 0.446 to
0.719 L CH4 g−1 VS and stable operation at pH 8.1. Around 45% of CO2 was converted,
but the methane content of the output gas was only around 74% due to the presence of
residual H2 [53]. A combination of H2 addition and auto-generated pressure was tested as
a means of increasing biogas methane concentration using a synthetic FW composed of
tinned pork and beans with white bread [54]. In the example in Table S3, the quantity of H2
added was only sufficient to convert around 9% of the endogenous CO2 on a stoichiometric
basis; but when combined with additional dissolution of CO2 caused by the 5-bar operating
pressure, the biogas methane concentration increased to 90.6%.

Food waste from a University cafeteria was the organic substrate in a trial involving
injection of a synthetic syngas consisting of H2 and carbon monoxide (CO) at a 5:4 v/v
ratio [55]. Both mesophilic and thermophilic conditions were tested and the digestates were
also pyrolysed to determine the properties of the resulting syngas, with a view to creating
an integrated process. The authors noted that methane productivity was higher than
expected from stochiometric conversion of syngas, and attributed this to synergistic effects;
although the difference decreased as the trial progressed. There is some inconsistency,
however, between the reported feedstock properties, OLR and HRT: a feedstock VS of
25.1 g L−1 would give an HRT of 7 days at the reported OLR. A value of 251 g VS L−1 is
more typical for FW, and without dilution, would correspond to an HRT of around 71 days:
the reported HRT is 20 days, however, so feedstock dilution may have been carried out
to facilitate thermophilic operation without ammonia inhibition [56]. Digesters typically
require around 3 HRT to approach steady-state conditions with regard to organic loading,
and this washout process might offer an additional explanation for observed changes in VS
and COD content if the HRT was set at 20 days. In any case, stable operation was achieved
with high syngas utilisation, a methane concentration of around 64%, and an increase in
SMP of around 31% and 33% in mesophilic and thermophilic conditions, respectively.

CO2 biomethanisation of thermally-treated FW digestate from a laboratory-scale
digester was carried out in a trickle-bed reactor operating at 37 ◦C with a 10-day HRT,
at different H2 loadings and recirculation rates [57]. The SMP increased from 0.248 to
0.450 L CH4 g−1 VS under the best conditions trialled, but biogas methane content was
limited by the presence of residual H2, and dosing with HCl was introduced after the pH
reached 8.45.

Batch experiments using food waste from a university dining hall were conducted
to investigate the effect of acclimatisation and other parameters [58–60]. The trials used
headspace injection over consecutive periods and were not designed to simulate conven-
tional AD. There were some errors in the mass balance calculations and the H2 addition
proposed is far from stochiometric needs or typical literature values (Tables S1–S4) [59];
but inoculum acclimatisation was clearly demonstrated.

Other CO2 biomethanisation studies have used specific waste streams from food pro-
cessing industries. Cheese whey and related dairy wastes were used as the sole or main
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substrate by several researchers. Treu et al. [61] attempted to digest whey at mesophilic
and thermophilic temperatures with and without CO2 biomethanisation, but were unable
to achieve stable operation in thermophilic conditions. NaHCO3 was added to provide
buffering during mesophilic digestion without H2 addition; and consumption of accumu-
lated VFA may have affected methane production values in some periods. A feedstock of
cheese whey permeate and cheese powder was successfully digested at 54 ◦C using NaOH
for pH control [62]. In both studies, SMP increased with biomethanisation, but residual
H2 reduced the biogas methane concentration. Co-digestion of cheese whey with CM was
successful as a means of improving process stability in thermophilic conditions [61,63],
though increases in methane content and SMP were relatively small under the conditions
applied. The co-digestion trial begun in Treu et al. [61] was continued in a study focusing
on the effects of bioaugmentation [64]: no control digester without H2 addition was run
and the results are therefore not presented in Table S3.

Other food industry substrates trialled include potato starch wastewaters [65] and
bioethanol distillery effluents [66]. The former was tested in a thermophilic UASB reactor
with different diffuser types and gas and liquid recirculation rates. As can be seen from
the results in Table S3, H2 transfer efficiency was higher with a ceramic diffuser and gas
recirculation but some residual H2 was still present in the output gas. The latter study used
a 148-L mesophilic anaerobic membrane bioreactor, and achieved a biogas methane content
around 98% with minimal residual CO2 or H2. Both studies contained minor inconsis-
tencies between reported values for some parameters, but clearly demonstrated that CO2
biomethanisation could successfully enhance SMP from organic wastes in these systems.

A synthetic feed containing yeast extract, sucrose and a range of nutrients was used
in trials to assess the influence of OLR [67] and of total ammonia nitrogen (TAN) con-
centration [12] on CO2 biomethanisation performance. Mesophilic digesters at OLR of
2 and 3 g COD L−1 day−1 also received additional exogenous CO2 and H2, increasing the
original SMP by more than 2-fold and giving biogas methane contents of around 90%.
The limiting pH for this substrate and inoculum appeared to be around 7.9 at lower TAN
concentrations, and 8.2 at higher TAN. The authors noted that further studies are needed
to identify the factors determining maximum operating pH in different systems [12].

Glucose was used as a model feedstock in mesophilic reactors in a trial investigating
the effect of different H2 loadings [68]. H2 was injected once per day into the headspace,
which was sealed and allowed to pressurise until venting before the next injection. The
inoculum used came from a digester fed primarily on cattle manure, and nutrients were
provided by occasional dosing with diluted inoculum. The applied OLR was very low and
pH control was required, but the mode of operation enabled a reported increase in biogas
methane content from 66% to 94%. A two-stage mesophilic UASB system with glucose
as the sole carbon source was tested at different OLR, H2 loadings and gas recirculation
rates [69], and achieved H2 transfer efficiencies of up to 98.8% with biogas methane contents
between 92–94%. Glucose was also used as the organic substrate in the trial of CO injection
into a mesophilic UASB reactor [70]. The SMP increased from 0.312 to 0.536 L CH4 g−1

COD added but biogas methane content fell due to additional CO2 production, as indicated
by the stoichiometric relationship shown in Equation (2):

4CO + 2 H2O→ CH4 + 3CO2 (2)

Synthetic substrates are generally adopted to provide controlled conditions for labora-
tory studies. Where the substrate is chemically defined, the theoretical SMP and expected
biogas methane content are known or can be estimated; while parameters such as operating
pH may be determined by the substrate composition or be controlled for experimental
purposes. In any case these materials are rarely encountered as real-world feedstocks, and
thus, values for modelling purposes were not required.

The characteristics of individual waste streams from food processing industries vary
widely and it is clearly not possible to choose representative values; but information on
baseline digestion conditions is often available from other studies. The minimum CO2 and
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corresponding maximum achievable methane content for stable operation is more difficult
to determine, and may depend in part on reactor type and operating conditions. In CO2
biomethanisation trials with potato starch wastewater in UASB reactors (Bassani et al., 2016),
stable operation was reported at a pH 8.38 with a CO2 content 10% in the output gas. For
ethanol distillery wastewater treated in an anaerobic membrane bioreactor (AnMBR) [66],
the pH had reached 7.9 at a biogas methane content of 97.9% CH4 and 1.4% CO2, with a
corresponding increase in SMP from 0.297 to 0.389 L CH4 g−1 VS: values close to these can
therefore be taken as the maximum for this substrate for modelling purposes.

For post-consumer domestic food wastes in Europe, the SMP value is typically around
0.450 L CH4 g−1 VS [71] with a methane content of around 54%. There are no published
studies to confirm the minimum biogas CO2 content or maximum pH for stable operation,
so for the purposes of modelling, a maximum pH of 8.2 was conservatively assumed [53],
corresponding to a biogas methane content of 79% (Table 1).

3.1.4. OFMSW

Very little work has been done on CO2 biomethanisation of OFMSW. When H2 and
CO2 were batch-fed to samples from real and simulated landfill wastes, methane production
was observed but homoacetogenesis was found to be the dominant pathway under the
conditions used [72]. Mixtures of CM and synthetic OFMSW (composed of paper, bread
and fruit and vegetable wastes) were batch digested at 55 ◦C at five CM:OFMSW ratios
from 100:0 to 50:50 on a mass basis [73]. A nutrient medium containing glucose was added
but the only source of inoculum was the fresh CM. After 24 h of fermentation, H2 and
CO2 were injected continuously at a 4/1 v/v ratio for 20 days. The results confirmed that
increases in VMP could be achieved using this approach, with biogas methane contents up
to 97%; the values are not included in Table S2 as the study was not designed to simulate
a conventional AD process. In the absence of suitable experimental findings, a baseline
SMP of 0.35 L CH4 g−1 VS with a biogas methane content of 60% was adopted [16] for the
purposes of modelling, with assumed baseline and maximum pH values of 7.5 and 8.2,
respectively, giving a maximum methane content of 92% [53].

3.1.5. Sewage Sludges

AD is a well-established treatment technology for sewage sludges, with existing
infrastructure across the water industry, making CO2 biomethanisation of these substrates
an interesting prospect. Alfaro et al. [74] carried out an extended trial using two 20-L
mesophilic CSTRs fed on thickened primary and secondary wastewater biosolids from
a full-scale wastewater treatment plant (WWTP). H2 was injected via a HFM and the
system was tested at different gas recirculation rates. The baseline SMP varied slightly
with different batches of feedstock, but SMP was increased by more than 40% with a biogas
methane content of 70–73% and good H2 utilisation at higher recirculation rates. A study
in a mesophilic fermenter with H2 addition via bubbling and gas recirculation produced
a similar improvement in SMP, and demonstrated stable operation at a biogas methane
content of 90% with a maximum pH in the range 7.9–8.0 [12]. A trial using the same
equipment and a similar sludge from a different wastewater treatment plant achieved a
biogas methane content of 85% at pH 7.9. Addition of exogenous CO2 and H2 enabled
a four-fold increase in the original SMP, but the biogas methane content fell due to the
presence of residual CO2 and H2 [53].

An enrichment trial was carried out in three mesophilic CSTR digesters fed on mixed
primary and secondary sludge [75]. The low feedstock solids content led to a relatively low
OLR of around 1 g VS L−1 day−1 at an HRT of 15 days. Batchwise addition of H2 to the
headspace produced a maximum biogas methane content of 80% with a near-stoichiometric
ratio between H2 consumption and CH4 production. Another trial using sewage sludge
from the same source and continuous H2 addition achieved a biogas methane content of
90% at a H2/CO2 ratio of 7/1 without any adverse effect on VS degradation or significant
VFA accumulation [76].
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A study combining H2 addition and pressurisation was carried out in a 35-L mesophilic
digester treating mixed wastewater biosolids under a range of operating pressures and
at two H2 loadings [77]. The experimental design did not include a control without H2
addition, but the best performance was achieved at the highest pressure and H2 loading
tested, with a SMP of 0.418 L CH4 g−1 VS and a biogas methane content of 92.9%. Based
on VS removal, it was estimated that around 0.37 L CH4 g−1 VS of the SMP was due to
organic load and 0.13 L CH4 g−1 VS to CO2 biomethanisation. Digester pH remained
below 7.2 presumably due to CO2 dissolution, and there were no signs of process instability
or VFA accumulation. Pressurisation is likely to require more extensive modifications to
reactor design and operation than H2 addition under ambient pressures, but the authors
noted that process efficiency in terms of VS removal was unaffected by the changing
conditions and that a pressure increase could be an effective way to enhance H2 mass
transfer without incurring high energy costs.

Addition of CO was trialled in a thermophilic digester fed on mixed primary and
secondary wastewater biosolids [78]. The highest SMP achieved was more than twice
the value without CO addition, but the biogas methane content was low (<20%) due
to the presence of both residual CO and additional CO2 generated in accordance with
Equation (2). The highest SMP without residual CO was around 1.7 times the baseline
value with a biogas methane content of around 30%. The CO was added via a HFM
module, ensuring good dissolution despite its rather low solubility, and no signs of process
inhibition were observed. A HFM module was also used to inject simulated coke-oven gas
(SCOG) consisting of 92% H2 and 8% CO into a mesophilic CSTR digester fed on mixed
primary and secondary sludge [79]. The maximum SMP achieved was 0.604 L CH4 g−1 VS,
compared to a baseline value of 0.256 L CH4 g−1 VS without SCOG addition. Maximum
biogas methane content was 98.8% with 0.3% CO2, and pH controlled to 8.0.

In other work with wastewater biosolids, Hu et al. [80] carried out batch tests us-
ing nano-scale zero-valent iron and waste iron scraps as a means of generating H2, with
waste activated sludge (WAS) as an organic substrate in some set-ups. Vechi et al. [37]
used lab-scale reactors inoculated with sewage sludge digestate and fed on primary and
secondary sewage sludge to produce material for batch testing of H2 additions, for com-
parison with inoculum from CM digestion. Inoculum from a range of sources including
digestion of sewage sludge, paper mill sludge, cattle and poultry manures and FW, plus
aerobic wastewater sludge, was tested to investigate the immediate response of different
microbial communities to exposure to high H2 partial pressures [81]. These studies did not
attempt to simulate typical operating regimes but provide a variety of insights on microbial
populations and metabolic pathways.

Apart from one study of with CO addition [78], all of the work presented in Table S4
was carried out under mesophilic conditions, reflecting the current widespread use of this
temperature range by the water industry. CO2 biomethanisation gave useful increases
of 40–50% in SMP. VMP remained low, reflecting the dilute nature of this substrate, but
high values were achieved when additional CO2 and H2 were added [53], reinforcing the
observation that at sites with multiple digesters a single digester retrofitted for H2 injection
should be capable of processing biogas from several others [12]. Good H2 transfer was
achieved at the scales tested even without membrane diffusers, and ratios between H2
consumed and methane produced were close to stoichiometric values. The results indicate
that CO2 biomethanisation of this type of substrate can operate stably in a pH range of
7.9–8 [12,74] corresponding to a max biogas methane content around 90% [12]. Baseline
SMP values without CO2 biomethanisation vary depending on factors such as HRT, OLR
and the proportion of primary and secondary wastewater biosolids: for the conventional
CSTR trials reported here, they ranged from 0.21 to 0.3 L CH4 g−1 VS with a biogas methane
content of 60–65%. These correspond well to typical values of 0.260 L CH4 g−1 VS and 60%
CH4 given by ADAT [16], and were therefore taken forward into Table 1.
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3.1.6. Conclusions from Performance Analysis for CO2 Biomethanisation of
Organic Feedstocks

Consideration of the literature shows a wide range of study types, though there are
also obviously many gaps. Table 1 contains a group of parameters for each feedstock type,
selected specifically for the purposes of the current modelling work. In Tables S1–S4, a wider
selection of parameters and indices to facilitate comparison between results is presented:
the significance of these is briefly discussed in the Supplementary Materials. Tables S1–S4
focus on the most successful outcomes in which stable operation was apparently achieved:
the studies considered cover many other sets of operating conditions, including some where
failure occurred as evidenced, e.g., by irreversible VFA accumulation. Many studies also
now include analysis of microbial populations, which when combined with operational
data contributes to a growing understanding of the links between community structure,
functionality and performance. The majority of studies reported are still at laboratory scale,
however, and more work is needed on the effects of scale-up and the interaction of system
biology and engineering parameters such as mixing and mass transfer behaviour. For
industry to be able to adopt this technology with confidence, a better understanding of the
mechanisms affecting performance is needed, together with the development of simple
and robust control strategies to avoid instability or suboptimal conditions.

While there are issues in attempting to compare data from different studies, Tables S1–S4
provide some useful insights and parameter values. VMP, MER and H2 transfer efficiency are
important for techno-economic assessment, although values are likely to vary considerably
with operating scale and system configuration. SMP is an indicator of the efficiency of
conversion for a particular feedstock, while CH4 and H2 content of the output gas affect
potential end uses.

In many studies, though not all, the ratio of H2 transferred to CH4 produced and to
CO2 removed settled at close to the stoichiometric value of 4. Values diverging from this
can be explained by utilisation of transferred H2 for other purposes such as VFA production
or biomass growth. Most studies that calculate ratios of this type also choose to ignore
the very small amount of dissolved H2 leaving in the digestate [1,77,82]. Intriguingly, in
several cases, the introduction of CO2 biomethanisation is associated with an increase in
VBP [21,22,24,27,29,33,43,45,47,57,61,66,68,74], meaning a larger amount of CH4 is being
produced and/or there is more CO2 to biomethanise, per unit of organic feed.

It is difficult to assess the significance of this as other factors can also vary: since these
studies use real organic feedstocks, there may be minor changes in feedstock properties
both day-to-day and between batches in longer studies. HRT are relatively long and not
all reported values are from periods where stable steady state operation (often defined
as 3 HRT under the same conditions) has been achieved. Accurate determination of H2
concentrations can also be problematic and as noted, there are different ways of dealing with
variability in experimental measurements, with some studies normalising gas composition
to 100% and others not. In some cases, however, the observed MER is greater than the
volumetric CO2 production without CO2 biomethanisation [21,30,33,45,66,68], strongly
supporting an increase in VBP. A similar phenomenon of increases in VBP or VMP has been
observed in other work on gas recirculation [83], though no clear mechanisms have been
confirmed. Many studies are not designed to separate the impacts of gas recirculation and
H2 addition: but Khan et al. [33] found that the increase from H2 addition and recirculation
was greater than from recirculation only. The simple method adopted in the current work,
of calculating the MER and the increase in SMP from the difference between experimental
and control or baseline values, conflates these effects as well as other factors; but several
authors have suggested that addition of H2 or syngas may have synergistic effects beyond
stoichiometric CO2 conversion [25,33], and more research is clearly needed in this area.

3.2. UK Feedstock Data Extraction and Analysis of CO2 Biomethanisation Potential

Several data sources, in addition to those used, were considered as a basis for assessing
the potential for CO2 biomethanisation from organic wastes in the UK. This included three
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UK government sources based on specific incentive schemes and expressed in terms of
energy generation capacity: the FIT, RHI and Renewable Transport Fuel Obligation (RTFO).
In addition, several other organisations collate data on AD plant operations, including
the Anaerobic Digestion and Bioresources Association (ADBA), the Renewable Energy
Foundation (REF) and the National Non-Food Crops Centre (NNFCC). The different
datasets are collected for different purposes, do not cover all materials and use different
reporting formats and assumptions, making comparison and generalisation difficult. Brief
details on these sources and their advantages and disadvantages are presented in Section S2
of Supplementary Materials.

3.2.1. Estimation of CO2 Biomethanisation Based on Ofgem RO Data

Although only a proportion of UK AD plants generating electricity are covered by
the RO, the RO dataset on feedstock and biogas production is arguably the most detailed
freely available. The Ofgem 2019–2020 RO Annual Report [13] aggregates the feedstock
consignment data provided by 157 AD plants operating under the RO scheme into 10 broad
feedstock categories: Silage; Food, garden and plant waste; Manures and slurries; Distillery
waste; DAF sludge/wastewater; Crops; Glycerol; Dairy waste; Municipal waste; and
Other. For this part of the study, it was decided to use the aggregated categories and not
the original RO-SUS data [15] because it was not clear how the consignment data had
been mapped to the categories and because some of the individual RO-SUS consignment
data were coded, so the organic source could not be ascertained. The Ofgem feedstock
categories also did not map precisely onto those used in the literature survey. The following
assumptions were therefore made and confirmed where possible by cross-checking with
uncoded RO-SUS data.

Tables S1–S4 demonstrate that, under suitable conditions, biogas methane contents of
90% and above can be achieved for a range of feedstocks commonly used in commercial AD
plants. Where possible, expected values for methane content after CO2 biomethanisation of
the Ofgem feedstock categories were therefore taken from Table 1; where no values were
available (i.e., Distillery waste, Glycerol, Dairy waste and Other, detailed below), a methane
content of 90% was assumed.

The majority of biogas in the ‘Silage’ category derives from maize, although RO-SUS
data also shows the presence of grass silage, and crop silages such as those from rye and
wheat. This category was therefore assumed to map onto ‘Crop and agro-wastes’ in Table 1
and to have the TS and VS content of maize silage in the ADAT database [16].

‘Food, garden and plant waste’ likely included post-consumer food waste (e.g., from
households and restaurants), as well as food production and processing wastes such as
reject potatoes, fruit and vegetable waste. It could also include garden and plant materials
such as ‘Food/garden waste’, bulbs, grass and sugar beet pulp. The majority of named
plant materials were high energy (e.g., sweetcorn and beet), however, and consignments
mentioning ‘Food/garden waste’ only appeared to make up around 5% of the total for this
category. ‘Post-consumer food waste’ values from Table 1 and source separated food waste
from ADAT [16] were therefore adopted for this category.

The ‘Manures and slurries’ category was conservatively assumed to have the charac-
teristics of cattle slurry, since no indication was given of the proportion of manure to slurry,
or of different slurry types. Data for ‘Livestock manures’ from Table 1 were used, with
feedstock characteristics for ‘Cattle Slurry’ from ADAT [16].

‘Distillery waste’ may include feedstocks such as draff, pot ale syrup and malt effluent.
Again, a conservative approach was taken and, as aggregates, these were assumed to be
low TS wastes. There was no directly applicable category in Table 1, so a default methane
content of 90% was used. Feedstock characteristics were not available from ADAT [16], so
data from the literature were used [84].

The ‘DAF sludge/wastewater’ category was assumed to equate to the feedstock
characterisation for ‘Sewage sludge’ in Table 1 and in ADAT [16].
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The definition used by Ofgem [13] for the ‘Crop’ category is unclear, but might include
feedstocks such as whole crop and maize meal. For these, the maximum methane content
was taken from ‘Crop and agro-wastes’ in Table 1 with TS and VS values based on an
average for maize silage and maize corn in the ADAT database [16].

‘Glycerol’ could be clearly identified in the RO-SUS data [15] and was characterised
using standard ADAT values [16], with a default maximum methane content of 90%, as
Table 1 had no direct equivalent.

The ‘Dairy waste’ category could include RO-SUS data for milk whey, dairy waste,
liquid food/dairy waste, AD whey permeate and dairy sludge, and was assigned the
characteristics of ‘Whey’ in the ADAT database [16]. With no direct equivalent in Table 1, a
default maximum methane content of 90% was assumed.

‘Municipal waste’ was characterised as ‘OFMSW’ as this category appears in both
Table 1 and ADAT [16].

The narrative in the Ofgem annual report identified ‘Other’ consignments as including
blood, viscera, tallow, fishery waste and plant oils [13] which are all high-strength wastes,
and were assumed to have the same properties as the Ofgem ‘Food, garden and plant
waste’ category.

The dataset accompanying the Ofgem report [13] lists ‘Quantity [of biogas] burnt
(million m3)’. Biogas volumes for individual feedstocks in the dataset are reported in
million m3, to a numerical total of 525,191,780. This does not match the report narrative,
which notes production of 525 million m3; and is also three orders of magnitude larger than
the 364.06 million m3 biogas in the 2018–2019 Annual Report and dataset [85]. The units in
the database were therefore corrected from ‘million m3’ to ‘m3’.

To calculate the gross energetic value of the biogas, biogas volume was multiplied by
the estimated methane content and the calorific value (lower heating value) of methane,
taken as 35.82 MJ m−3 CH4 at STP, and converted to GWh as shown in Table 2. The
gross energetic value with CO2 biomethanisation was then calculated by multiplying the
original gross energetic value by the ratio of biogas methane contents with and without
CO2 biomethanisation for the given feedstock, i.e., assuming no change in biogas volume.
Table 2 shows the resulting improvement in gross energetic values through the increased
methane production due to the addition of H2. This equates to a 57% uplift in the overall
energy value of the biogas. While this assumes CO2 biomethanisation could be applied in
every participating AD plant, which is clearly an over-optimistic scenario, it nevertheless
represents a very significant potential uplift that warrants further investigation.

In order to estimate the tonnages of fresh feedstock giving rise to the produced biogas,
typical values for the SMP, total solids (TS) and volatile solids (as a percentage of TS)
for each feedstock were taken from Table 1 and from the ADAT database [16]. Tonnages
for each feedstock category were then calculated from these values as shown in Table 2.
The assumptions used to derive the feedstock parameters are provided in Table 2, and
result in a total estimated tonnage of 6.8 million tonnes of FM, of which 1.3 million tonnes
consists of silage and crops. Together, silage (18.1%), food/garden/plant waste (31.5%) and
manures/slurries (12.3%) produce 85.6% of the biogas shown in Table 2.
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3.2.2. Estimation of CO2 Biomethanisation Uplift Based on Defra’s UK AD Feedstock Data

The 2019–2020 Defra feedstock data for anaerobic digestion [17] are derived from the
(paywalled) NNFCC report on Anaerobic Digestion Deployment in the UK [86] which
records annual feedstock usage in AD plants operating under a range of AD incentives.
It therefore covers a wider range than the Ofgem data [13], which only include plants
covered by the Renewables Obligation, in which the biogas produced is burned to generate
electricity for on-site use and/or feeding into the national electricity grid. The values
exclude feedstock data from the wastewater sector (i.e., sludges from WWTP).

The Defra data [17] are presented as percentages of a total tonnage across five feedstock
categories: Crops, Food waste, Manures and slurries, Crop wastes and Others. These were
mapped using the same assumptions on feedstock characteristics as in Table 2. Specifically,
it was assumed that ‘Crops’ were likely to be silage so this category was treated as maize
silage, even though there will be a proportion of other silages and crops. As with the
Ofgem data [13], ‘Manures and slurries’ were conservatively characterised as slurry, as the
proportions were unknown. TS, VS and methane production values for ‘Crop waste’ were
aligned with those for ‘Crops’ in Table 2. Feedstock tonnages shown in bold in Table 3 were
taken directly from the Defra report [17].

Table 3. Potential uplift in gross energetic value through CO2 biomethanisation of reported UK
feedstocks (Defra data).

Feedstock Category 1 Feedstock 2

Tonnes FM
TS 3

%FM
VS 3

%TS

Without CO2 Biometh With CO2 Biometh

CH4
4

% vol
SMP 4

L CH4 kg−1 VS

Gross Energetic
Value 5

GWh

CH4
4

% vol
SMP 4

L CH4 kg−1 VS

Gross Energetic
Value 6

GWh

(a) (b) (c) (d) (e) (f) (g) (h) (i) (j)

Crops
(treated as silage) 4,163,000 30 94 55 350 4088 92 585 6839

Food waste 4,084,000 24 92 55 450 4038 79 646 5799
Manures and slurries 2,359,000 9 83 60 190 333 93 295 516

Crop waste 525,000 60 93 55 350 1020 92 585 1707
Other 2,727,000 24 92 50 350 2097 90 630 3774

TOTAL 13,858,000 11,576 18,635

1 Based on Defra data [17]. 2 Tonnage FM basis. 3 From ADAT [16] using the assumptions described above.
4 From Table 2. 5 (g) = (b) ∗ (c) ∗ (d) ∗ (f) ∗ 35.82 MJ m−3/(100% ∗ 100% ∗ 3.6 ∗ 106 MJ GWh−1). 6 (j) = (g) ∗ (h)/(e)

Table 3 shows the estimated gross energy value with and without CO2 biomethanisa-
tion. The results indicate an overall energy uplift of 61% for this set of feedstocks-further
indicating that CO2 biomethanisation has the potential to significantly increase the energy
value of existing feedstocks, as well as the viability of the digesters that produce the gas.

The overall gross energetic value is significantly larger than that derived from the
Ofgem RO data as the Defra data covers more than twice the total tonnage of feedstock
(Table 3). Additionally, the derived uplift value of 61% differs slightly from the Ofgem RO
value of 57% due to differences in the relative proportion of feedstocks.

To estimate the potential biomethane increase from CO2 biomethanisation, analysis
of the available feedstock data in conjunction with data from the scientific literature is a
logical approach. It is also possible to apply the overall feedstock-derived energy uplift to
generation data when the feedstock underlying it is unknown.

The 2021 DUKES data [18] show energy production from UK AD plants for the year
2020 of 953, 68 and 490 thousand tonnes of oil equivalent (ktoe) for electricity generation,
heat generation and grid injection of methane, respectively; no figures are specifically
reported for use of biomethane as a vehicle fuel. Applying the DUKES data conversion
factor of 11.63 GWh ktoe−1 to this total of 1511 ktoe gives a total gross energy production
from anaerobic digestion of 17,572 GWh. This is considerably more than the 11,576 GWh
shown in Table 3, reflecting the degree of uncertainty associated even with official data.
Timing differences could account for some part of this, e.g., the reporting year for incentives
tends to run from 1 April to 31 March whereas DUKES [18] reports by calendar year. Further
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differences could be due to the conservative feedstock assumptions made above; to DUKES
load factor (LF) assumptions when deriving gross energy values from net electricity/heat
generation; and/or to variations in data sources and rounding errors. Differences on this
scale, however, strongly support the need for more unified and consistent data collection.

Nevertheless, applying the overall energy uplift of 61% derived from Table 3 would
result in a gross energy value for AD of 28,317 GWh based on DUKES data [18]. It should
be noted this value does not include biomethane used in vehicle fuel.

3.2.3. Potential for CO2 Biomethanisation Using Generation Derived from
Wastewater Treatment

Neither the Ofgem/RO [13] nor the Defra [17] feedstock data shown above include
the energy contribution from the AD of sludges from municipal wastewater treatment.

This approach could be used to ascertain improved energy production from DUKES
data on sewage gas [18] which show electricity, heat and gas grid injection energy figures of
350, 90 and 54 ktoe, respectively, equating to a total of 5744 GWh. If the maximum methane
content from Table 1 is applied, equating to a 38% uplift in gross energy output, generation
of 7953 GWh could potentially be achieved if CO2 biomethanisation were introduced across
the wastewater sector.

In the UK, 93% of sewage sludge is treated by AD or advanced AD [87] at approxi-
mately 170 AD plants [88]. Unlike commercial and industrial plants where feedstocks are
often mixed, and thus, characteristics can be variable, sewage sludge is a relatively consis-
tent material. Additionally, the water industry has ambitious decarbonisation plans [89],
as its energy use is considerable (e.g., in 2009 this sector accounted for up to 3% of total
energy use in the UK [90]). A relatively small number of AD plants treating a large quantity
of a minimally variable feedstock in a sector that has high energy use, relevant technical
expertise and ambitious decarbonisation plans makes it relatively feasible to introduce this
technology and achieve a significant proportion of the theoretical uplift.

3.3. Advantages of CO2 Biomethanisation at Scale

Despite some variability between sources, the existing feedstock and energy data, sup-
ported by the scientific literature, indicate that CO2 biomethanisation has significant poten-
tial to increase the energy contribution of AD to the UK’s energy mix, while also increasing
the efficiency of utilisation of carbon from organic feedstocks. Applying biomethanisation
technology to current DUKES [18] figures of 23,316 GWh (sewage gas and AD) could
produce 36,270 GWh, an uplift of 55%. AD and sewage gas currently account for 15% of
the UK’s bioenergy contribution and this could increase to ~22%. This potential uplift of
12,954 GWh is equivalent to the annual energy use of 858,000 households [91], e.g., the
domestic properties in a city the size of Leeds.

To effect a similar increase in current gas grid injection alone would require the growth
of another 251,000 ha of maize (~4.4% of UK arable land), more than double the 121,000 ha
used for all UK bioenergy and more than three times the 75,000 ha used for AD maize in
2020 [92]. Maximizing the carbon utilisation efficiency from existing feedstocks thus makes
sense in terms of land use and the food/energy/climate nexus.

Although not explicitly included in the 2021 DUKES [18] figures, the role of biomethane
for transport also is growing, particularly in the heavy goods vehicle (HGV) sector where it
is currently the only commercial decarbonisation option, until suitable fuel current battery
and hydrogen technologies can be developed. Transport is difficult to decarbonise: as
energy systems have become less carbon-intensive, transport became the UK’s largest
emitting sector of GHG emissions in 2016 [93]. If the uplift were used for transport, it
could replace nearly 1.1 million litres of diesel, with a fossil CO2 equivalent of 3.4 million
tonnes [94].

This approach could eliminate the energy and capital expenditure required to retrofit
CO2 carbon capture and storage (CCS), allowing more effective utilisation of short-cycle
carbon rather than, for example, pumping it into permanent underground storage. This

247



Processes 2022, 10, 1202

would have the added advantage of displacing its equivalent in fossil gas and associated
imports: the Sixth Carbon Budget accounts for abatement from the additional use of
biomethane to displace fossil gas [9] and CO2 biomethanisation could offer an effective
way to achieve this.

The longer-term value of incorporating CO2 biomethanisation into AD systems is
further strengthened by the CCC’s projected growth in the hydrogen economy, in particular,
green hydrogen from water electrolysis powered by renewables, since equipment and
installation costs tend to fall as deployment increases. As noted earlier, achieving the
benefits of CO2 biomethanisation requires the use of renewables-based H2, and this may
be seen as a barrier in the short term since competition for H2 from grid-based resources
is likely to intensify [95]. AD is used at a wide range of scales, however, from on-site
slurry treatment at a single dairy farm to processing the municipal wastes of a city. It
is therefore flexible in its needs and could be coupled with electrolytic H2 production
across a similar range. In their simplest form, small-scale AD applications can provide
an opportunity for hybridisation of on-site renewable power with waste processing, to
provide short carbon-cycle biomethane for local or on-site use in locations where export
of electricity to grid is technically challenging or economically unattractive. Larger AD
installations could be used, with relatively low capital expenditure [2,5,10], to transform
excess intermittent power production from large-scale renewable facilities into biomethane
for gas grid injection, hence providing buffer storage and allowing a more rapid expansion
in the renewables sector. By taking electricity from multiple sources and across different
time spans, the technology could thus make a major contribution in supporting the energy
transition from carbon-based to non-carbon-based gaseous fuels [7,20].

Given the potential contribution of CO2 biomethanisation, it is surprising that it does
not appear to be mentioned in policy documents and remains under the policy radar,
even where other technologies-some with technology readiness levels that are similar
or lower-are actively discussed. For example, the BEIS November 2021 Biomass Policy
Statement [96] which ‘provides a strategic view on the role of biomass across the economy
in the medium- to long-term’ mentions the ‘clear opportunity’ for ‘material processing of
biomass into high value products’; but does not consider CO2 biomethanisation as either an
interim or long-term strategy. Indeed, although it identifies AD as ‘the only commercially
scalable technology currently available for greening the gas grid’, the sole approach for
AD’s biogenic carbon is Bioenergy Carbon Capture and Storage (BECCs), which will require
the development of an effective market for greenhouse gas removals. The UK market for
biomethane-to-grid is already well-developed and growing, so maximizing the carbon
utilisation in such plants instead of permanently storing it underground could potentially
be a better option in the decarbonisation pathway. This, of course, would need to happen
alongside the increase in hydrogen production outlined by the CCC.

4. Conclusions

Biomethane has an important role to play in the UK’s energy decarbonisation plans,
due to its flexible use in transport, heat and electricity production. A considerable amount
of work has been conducted at laboratory scale on CO2 biomethanisation of organic wastes.
The results show clearly that significant improvements can be achieved in methane yield
per unit of organic feed and in biogas methane content. Interestingly, the overall survey
also appears to indicate that underlying biogas productivity can be increased in some
systems. Many scientific and technical questions remain to be addressed, particularly those
associated with the effects of scale-up and of differences in operating practice, which need
to be resolved if industry is to adopt this technology with confidence. While approaches
such as ex-situ CO2 biomethanisation may be more suitable in some applications, however,
it appears there is clear potential for in situ or hybrid conversion of CO2 generated by
anaerobic digestion of organic materials.

Data on existing UK AD feedstocks are highly fragmented, and it is not always clear
how values in different sources have been arrived at or how they relate to one another. In the
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absence of coherent information, it is difficult for government bodies to reach conclusions
on overall policy, especially when individual sectors and technologies are lobbying for
their own interests. The availability of better and more consistent data sources as a basis
for evaluation and policy making is thus a clear priority. Based on the available UK data,
however, significant increases in biomethane productivity could potentially be achieved,
ranging from 38–68% for different feedstock types and equivalent to an overall uplift in
the contribution of AD to UK bioenergy from 15 to 22%. Again, there are many issues
to consider: the current survey only looked at data on the highest level, and for realistic
assessments of the potential scale and impact of technology application it will be necessary
to take into account both the end-uses of biomethane and techno-economic viability on
individual sites. The potential contribution from CO2 biomethanisation of organic wastes
is large enough, however, to warrant consideration in both short and long-term planning.
There is thus a clear need for more work looking at both the research issues and the policy
needs to optimise the contribution of this approach and integrate it with national energy
and sustainability strategies.

Supplementary Materials: The following supporting information can be downloaded at: https:
//www.mdpi.com/article/10.3390/pr10061202/s1. Text S1: Assessment of performance data for
CO2 biomethanisation of organic feedstocks (including nomenclature); Table S1: Performance data for
CO2 biomethanisation of livestock manures; Table S2: Performance data for CO2 biomethanisation of
crops and agro-wastes; Table S3: Performance data for CO2 biomethanisation of food wastes; Table S4:
Performance data for CO2 biomethanisation of sewage sludges; Text S2: Sources of Anaerobic
digestion and Feedstock data.
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Abstract: In-situ biomethanation combines conventional biogas production from the anaerobic diges-
tion (AD) of organic matter with the addition of hydrogen to produce a higher quality biomethane
gas. However, challenges surrounding its performance and control could hinder its uptake. To
investigate this, an automated rig was designed and operated to study in-situ biomethanation with
sewage sludge (SS) and food waste (FW) feedstocks. The effects that were experimentally investi-
gated included the biogas recirculation rate, stirring intensity, and organic loading rate (OLR). All
the results highlighted the rate-limiting effect of H2 gas–liquid mass transfer (measured kLa in the
range of 43–82 day−1), which was implied by a lack of evidence of hydrogen-induced biological
inhibition and a high average equilibrium hydrogen content in the biogas (a volume of 7–37%). At an
OLR of 2 g VS L−1day−1, increasing biogas recirculation and mechanical stirring rates improved the
methane evolution rate up to 0.17 and 0.23 L L−1day−1 and the H2 conversion up to 80 and 66% for
sewage sludge and food waste, respectively. A lower OLR of 1 g VS L−1day−1 allowed for increased
hydrogen conversion but at a lower level of methane productivity. A process model, validated on
experimental data, predicted that improving the kLa to at least 240 day−1 would be required for
in-situ biomethanation at OLRs common in AD systems in order to achieve a drop-in quality in terms
of the biogas, with further downstream treatment required for certain applications.

Keywords: biomethanation; in-situ; biogas upgrading; hydrogen; gas–liquid mass transfer

1. Introduction

Interest in the methanation of hydrogen in a power-to-gas concept has increased, since
methane currently has a broader range of drop-in applications where natural gas is the
existing fuel [1] (e.g., in industrial and domestic heating, power generation, and vehicle
fuel) and is therefore often preferred to hydrogen as an energy vector. The biological metha-
nation of hydrogen and carbon dioxide can be applied in such a concept where electricity
(e.g., produced by intermittent renewables) is used to produce hydrogen through electroly-
sis, which is then converted through the action of hydrogenotrophic methanogens [2] to
produce biomethane in the following reaction:

CO2 + 4H2 → CH4 + 2H2O (1)

The biomethanation reaction can take place in either a dedicated reactor (ex-situ)
or, as studied in this work, within anaerobic digesters (in-situ) [3,4] fed on both biomass
and hydrogen, where the carbon dioxide requirement is satisfied by the biogas from the
anaerobic digestion (AD) process itself. By this method, the methane content in the biogas
can be increased from 60–70% to >90% [5].
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Previous in-situ biomethanation studies mainly focussed on optimising the methane
production or composition [6,7], studying the microbiology of the process [8], or identi-
fying the limitations of the process [9]. Modelling has provided insight and supported
evidence that biomethanation might be rate-limited by either biological or mass-transfer
(i.e., H2(g) → H2(aq)) processes [10] using a modified version of Anaerobic Digestion Model
1 (ADM1) [11], but of the two limitations, gas–liquid mass transfer is the most commonly
cited issue in experimental biomethanation works [12,13].

The gas–liquid mass transfer characteristics of a continuously stirred tank reactor
(CSTR) can be modified using different gas delivery methods (e.g., membranes [6] or
diffusers [12,14]), using mechanical mixing [3,13], or biogas gas recirculation, with the
latter having been demonstrated in ex- and in-situ systems at both laboratory and pilot
scale [12,14–17] and shown to increase hydrogen consumption [15]. A broad variation in
the gas recirculation rate has been investigated, with it ranging from 2.5 [15] to 240 Lgas
Lreactor

−1 day−1 [14]. In general, it has been reported that higher recirculation rates increase
the efficiency of hydrogen uptake in the biomethanation process [12,14,17]. Excessive
recirculation could, however, hinder the process by causing turbulence and foaming and
cause practical operational issues, in addition to the requirement of an unfeasible energy
input for the gas pumping [17].

CO2 conversion in in-situ biomethanation reduces the amount of dissolved inorganic
carbon in the system, which is important due to its role in buffering the pH; its removal
can cause elevated pH increase [6], leading to the inhibition of, in particular, acetoclastic
methanogens [3] and the disruption of the underlying digestion of the feedstock. Therefore,
the quantity of hydrogen introduced into the system is critical; too much can cause the
inhibition of biological processes and the depletion of the carbonate buffer, whereas too little
hydrogen injection can result in lower performance in terms of the produced biomethane
quality. According to the biomethanation reaction (1), hydrogen should be introduced
in a molar ratio of 4 with the desired carbon dioxide consumption [18,19]. However, the
accurate estimation of the hydrogen requirement requires updated current knowledge
of the background carbon dioxide production, which cannot be observed directly, and
introducing the hydrogen alongside the AD process may also alter its performance [9,20].

In prior works studying continuous or semi-continuous in-situ biomethanation, pro-
cess parameters such as gas composition were monitored on a daily basis, e.g., through
the use of a gas bag in order to analyse initial and residual hydrogen on a daily basis [6], a
process which was adapted in [9] with a gas recirculation loop that was also monitored on
a daily basis. The limitations of such systems is that a relatively large variable volume of
gas storage is required to achieve a high conversion of hydrogen before the product biogas
can be discharged [21], with the configuration requiring substantial modifications in the
operation of conventional AD reactors.

Building on previous studies, the objectives of this work were:
1. The development of an automated rig for in-situ biomethanation to emulate

the full-scale implementation of biomethanation in a continuous AD plant, with con-
trol of the hydrogen injection rate based on feedback control and the online monitoring of
process parameters.

2. The investigation of a selection of process design characteristics, i.e., biogas recir-
culation, biogas sparging, mechanical mixing, and the organic loading rate (OLR), on the
performance of in-situ biomethanation.

3. The use of experimental findings to support model-based analysis of the implica-
tions for the realistic operation of continuous in-situ biomethanation.

2. Materials and Methods
2.1. Feedstock, Inoculums, and Trace Elements

Sewage sludge (SS) and food waste (FW) were used as feedstocks for the biomethana-
tion experiments. Both feedstocks, after collection, transport, processing, and homogeni-
sation were stored in a freezer at −18 ◦C in 2-litre batches to be thawed on demand. SS
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consisted of mixed primary and secondary sludge and was collected from Stockport Waste
Water Treatment Works. FW was collected as a single sample (~80 kg) of source segregated
food waste from a university canteen. Contaminants (e.g., packaging) were removed, and
the remaining organic sample was segregated according to the major categories of food
waste and recombined in the suggested relative quantities of UK FW [22] to produce a final
sample of ~40 kg and homogenised in a blender (Magimix 5200XL, Vincennes, France) and
commercial mincer (Tritacarne No.12, Tre Spade, Torino, Italy). FW was diluted before use
(to improve pump performance) by adding 70% (w/w) of DI water to reach a target total
solids (TS) concentration of 14%.

To reduce the acclimatisation periods, the SS and FW experiments were inoculated
using digestate from a full-scale SS digester (Stockport Wastewater Treatment Works,
Stockport, UK) and a commercial FW digester (ReFood, Doncaster, UK), respectively. The
inoculums were used on the same day as collection and were screened to ~1 mm before use.

To avoid any effect of trace nutrient limitation (which has been widely reported for
the AD of FW [23,24]), trace elements were added to the feedstocks at a volumetric ratio of
1:1000 using the recommended composition and approach as per [20].

2.2. Analytical Methods

Standard analytical methods, where available, were used in this work. The total and
volatile solids (TS, VS) were measured using a gravimetric approach, 2540 APHA [25], at
temperatures of 105 ◦C and 550 ◦C, respectively. The alkalinity was measured using a titra-
tion method, according to APHA 2320 [26]. A pH endpoint of 5.7 was used for intermediate
alkalinity (IA) and 4.3 was used for partial (PA) and total alkalinity (TA) [26]. The total
ammonia nitrogen (TAN) was measured based on the standard method 4500 NH3 B [25].
An elemental analysis was performed using a Flash 2000 Elemental Analyser (Thermo
Fisher Scientific Inc., Waltham, MA, USA) as per the manufacturer’s instructions, using
vanadium pentoxide as a catalyst and BBOT (2,5- Bis (5-tert-butyl-benzoxazol-2-yl) thio-
phene) as a calibration standard. Samples for volatile fatty acids (VFAs) analysis were
acidified with 5% formic acid (v/v), centrifuged (Heraeus™ Pico™ 21 Microcentrifuge,
Thermo Fisher Scientific Inc., Waltham, MA, USA) for 30 min at 14,000 rpm, and filtered to
0.2 µm. VFAs were measured by gas chromatography (Thermo Scientific™ TRACE™ 1300,
Thermo Fisher Scientific Inc., Waltham, MA, USA), using a flame ionisation (FID) detector
and a DB-FFAP column with nitrogen as the carrier gas. Standards of 10 mM, 2.5 mM, and
1 mM of VFAs were used for calibration.

2.3. Biochemical Methane Potential Test

Biochemical methane potential (BMP) tests were carried out using an AMPTS II
(Bioprocess Control AB, Lund, Sweden) instrument as per the manufacturer’s instructions.
Sewage and food waste-adapted inocula were used for the respective feedstocks. Triplicate
measurements were made for blank (inoculum only), control (inoculum + cellulose) for both
inoculums, and biomass (inoculum + feedstock) for both FW and SS, using the respective
inoculum, totalling in 30 individual tests. The inoculum to substrate ratio (ISR) was selected
at 3 on a VS basis. The test continued until daily methane production was less than 1% of
the cumulative volume on three consecutive days [27]. Inoculum biological activity was
validated by the measurement control substance (cellulose), which has a reported BMP in
the range 354–370 m3 CH4 g−1 VS [28].

2.4. In-Situ Biomethanation Experimental Setup

A laboratory-scale in-situ biomethanation experimental rig was designed and built,
allowing for continuous semi-automated operation and online monitoring. A schematic
of the main functional elements is shown in Figure 1, including the reactors, instruments,
sensors, and SCADA (supervisory control and data acquisition) connections; a photo of
the experimental setup is shown in Figure 2. This description is abridged, highlighting the
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main design features. For a complete description including the design, commissioning, and
initial testing of the equipment, see [29].

Processes 2023, 11, x FOR PEER REVIEW 4 of 31 
 

 

activity was validated by the measurement control substance (cellulose), which has a re-
ported BMP in the range 354–370 m3 CH4 g−1 VS [28]. 

2.4. In-Situ Biomethanation Experimental Setup 
A laboratory-scale in-situ biomethanation experimental rig was designed and built, 

allowing for continuous semi-automated operation and online monitoring. A schematic 
of the main functional elements is shown in Figure 1, including the reactors, instruments, 
sensors, and SCADA (supervisory control and data acquisition) connections; a photo of 
the experimental setup is shown in Figure 2. This description is abridged, highlighting the 
main design features. For a complete description including the design, commissioning, 
and initial testing of the equipment, see [29]. 

 
Figure 1. Schematic of the in-situ biomethanation experimental rig. 

 
Figure 2. Photo of the in-situ biomethanation experimental rig with main components labelled. 

The main features of the experimental setup were as follows. 

Figure 1. Schematic of the in-situ biomethanation experimental rig.

Processes 2023, 11, x FOR PEER REVIEW 4 of 31 
 

 

activity was validated by the measurement control substance (cellulose), which has a re-
ported BMP in the range 354–370 m3 CH4 g−1 VS [28]. 

2.4. In-Situ Biomethanation Experimental Setup 
A laboratory-scale in-situ biomethanation experimental rig was designed and built, 

allowing for continuous semi-automated operation and online monitoring. A schematic 
of the main functional elements is shown in Figure 1, including the reactors, instruments, 
sensors, and SCADA (supervisory control and data acquisition) connections; a photo of 
the experimental setup is shown in Figure 2. This description is abridged, highlighting the 
main design features. For a complete description including the design, commissioning, 
and initial testing of the equipment, see [29]. 

 
Figure 1. Schematic of the in-situ biomethanation experimental rig. 

 
Figure 2. Photo of the in-situ biomethanation experimental rig with main components labelled. 

The main features of the experimental setup were as follows. 

Figure 2. Photo of the in-situ biomethanation experimental rig with main components labelled.

The main features of the experimental setup were as follows.
Reactors: 6x CSTR with 2 L capacity (1.7 L working volume VR), temperature con-

trol at 38 ◦C in a thermostatic water bath with biogas recirculation by peristaltic pump
(323/D Watson Marlow, Falmouth, UK) at a recycling rate between 20 and 280 rpm (12 to
155 L LR

−1 day−1). The overall gas phase volume VH of the setup, including the reactors
headspaces and the water traps volumes, was estimated at 0.6 L.

Hydrogen injection: controllable, automated, and independent (per reactor) hydrogen
injection, from a pressurised cylinder, using mass flow controllers (MFC) (EL-Flow select,
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Bronkhorst High-Tech B.V., Ruurlo, Netherlands), calibrated for hydrogen in the range of
0.16–0.8 mL min−1 (measured error 3.3 ± 0.4%) and introduced to each digester anaero-
bically via a Tygon tube (Saint Goibain, Courbevoie, France) to the gas port on top of the
reactor and through a submerged stainless steel sparger with a 2 µm pore size.

Feedstock feeding: automated feedstock feeding and digestate removal, by pro-
grammable dosing pump (D-DH2Ocean P4 Pro, Kamoer, Shanghai, China) with a fixed
setpoint, monitored daily by weighing. Feed for each reactor was prepared in a 0.5 litre
feeding container and placed on a magnetic stirrer to maintain the homogenisation of
feeding. SS was fed twelve times a day and FW four times a day.

A monitoring and control system (SCADA) was implemented to (1) ensure safe
operation, (2) provide closed loop control of the hydrogen injection rate, and (3) monitor
key experimental parameters, using a controller (CompactRIO™ cRIO-9045, National
Instruments, Austin, TX, USA) consisting of analogue and digital modules, along with a
custom LabVIEW™ application.

Safety features: the detection of pressure build-up in the reactors and hydrogen leak
in the laboratory and a solenoid valve on the hydrogen injection system, for the automated
safety shutoff of the rig.

2.5. In-Situ Biomethanation–Online Monitoring

The biogas composition was measured through an online gas chromatograph (490 Micro
Gas Chromatograph, Agilent, Santa Clara, USA) and stream selector (VICI Valco® instru-
ment, Houston, USA). The GC sampled each stream every 20 min with a single analysis
taking 3 min. Prior to sampling, the line was flushed by the GC sampling pump for 30 s,
from the reactor, to avoid cross contamination from other reactors; biogas recirculation
ensures that the sample is characteristic of the headspace composition. A 200 mL gas
bag was installed on each reactor to avoid the vacuum effect due to both liquid and gas
sampling. The gas flushing and sampling volumes were accounted for in the calculation as
gas produced. The GC had a dual cabinet equipped with a CP-Molsieve channel (Molsieve
5A PLOT 0.25 mm in, 20 m, Argon carrier, measures H2, O2, N2, CH4) and a CP-PoraPLOT
U channel (PoraPLOT U, 0.25 mm, and 10 m, Helium carrier, measures CO2, H2S). The
total biogas outflow was measured from each reactor using a gas flow meter (µFlowTM

Bioprocess Control AB, Lund, Sweden) and normalised to standard temperature and pres-
sure (STP 0 ◦C, 1 bar). pH monitoring used pH probes and IXIAN transmitters from Atlas
scientific, calibrated at pH 4, 7, and 10 before each of the experimental periods. The pressure
in the hydrogen injection line was measured(PXM 309 0.035GI, Omega, Norwalk, USA) to
monitor pressure at the sparger and for safety shutoff purposes (>300 mBar). The ambient
hydrogen concentration was monitored with a sensor (4H2-40000, Gasman, Devon, UK),
which triggered an audible alarm (200 ppm) and safety shutoff (>1000 ppm).

2.6. In-Situ Biomethanation—Hydrogen Injection Control

For the biomethanation experiments, the estimated hydrogen injection requirement
(GH2_est) was calculated as a function of the measured specific CO2 yield in the relevant
control reactor (YCO2), the measured OLR (

.
mOLR), and the stoichiometric requirement (2)

and set at the beginning of each experimental period. Considering that adding hydrogen
on a stoichiometric basis for complete biomethanation can lead to buffer depletion and pH
instability (as noted by [9]), 90% of the stoichiometric requirement was used:

GH2_est =0.9× 4×YCO2
.

mOLR ×
1000

60× 24
(2)

where GH2_est is expressed in the MFC rating units (mL min−1). The hydrogen injection
rate passed to the MFC (GH2_MFC) was then capped using a gain-scheduling approach as
originally proposed by Bensmann et al. [10] using a series of scheduling equations based
on headspace gas compositions and calculated as per Equation (3). In this work, pH was
also used as a scheduling parameter, for which the constraint was set below the maximum
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operational pH for food waste AD that was reported during biomethanation by [9]. The
scheduling equations, setpoints/constraints, and gain parameters used are shown in Table 1
(chosen from earlier testing, documented in [29]).

GH2_MFC = MIN(GH2_est, GH2_CH4, GH2_CO2, GH2_H2, GH2_pH) (3)

Table 1. Gain scheduling parameters and equations.

Scheduling Parameter
(Measured) Unit Setpoint Type Setpoint Name

and Value
Gain Parameter

and Value
Calculated Hydrogen Injection Value
(mL min−1) and Scheduling Equation

CH4 conc. (χCH4) [% vol]. Setpoint SCH4_sp= 90 kCH4= 0.3 GH2_CH4 = kCH4
(
SCH4_sp − χCH4

)

CO2 conc. (χCO2) [% vol.] Min SCO2_min= 5 kCO2= 0.3 GH2_CO2 = kCO2(χCO2 − SCO2_min)

H2 conc. (χH2) [% vol.] Max SH2_max= 40 kH2= 0.3 GH2_H2 = kH2(SH2_max − χH2)

pH [-] Max Sph_max= 8.2 kpH= 5.0 GH2_pH = kpH
(
SpH_max − pH

)

If any condition resulted in a negative hydrogen injection value (or below the mini-
mum range of the MFC), then the value passed to the MFC was simply set to zero for that
period. The actual hydrogen injection setpoint was updated for each cycle of the online GC.

2.7. In Situ Biomethanation—Experimental Design

For each feedstock (SS, FW), operation with biomethanation (i.e., hydrogen injection)
was performed in duplicate (SS1, SS2 and FW1, FW2), alongside a single control reactor
with no hydrogen injection (Control SS and FW), as summarised in Table 2.

Table 2. Reactor conditions during biomethanation experiments.

Reactor number 1 2 3 4 5 6

Reactor name Control SS SS1 SS2 Control FW FW1 FW2

Feedstock Sewage Sludge (SS) Food Waste (FW)

Biomethanation No Yes No Yes

The experiment was split into two main stages (R1–R3 and O1–O3), which are sum-
marised in Table 3. In the first stage (R1–R3), the study was focused on the effect of the
recirculation rate on in-situ biomethanation. In this stage, the gas recirculation was varied
into three different recirculation rates at 20, 120, and 280 rpm or the equivalent to 12, 67, and
155 L L−1 day−1. In the second stage (O1–O3), the process optimisation was carried out by
modifying an operational condition, including an additional sparger on the recirculation
line, a higher liquid mixing rate, and operating in a lower OLR, all the while maintaining
the biogas recycling rate at the median value tested in the previous stage.

Liquid samples were taken twice a week to analyse the biological process indicators,
such as TS, VS, alkalinity, ammonia, and volatile fatty acids. Prior to each period, all reactors
were operated without hydrogen injection to establish the baseline biogas production and
composition for at least 1 week or until stable biogas production was obtained.

2.8. In Situ Biomethanation—Calculated Parameters

The following are the calculated parameters that were used to characterise perfor-
mance during experiments.

The gas retention time (RTG) is an important process parameter which directly influ-
ences hydrogen conversion. The longer the hydrogen is in contact with the liquid phase,
the higher the amount that will be dissolved and finally converted to methane. It is the
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ratio between the overall system gas headspace (VH) and total biogas outflow (Qbiogas),
expressed by:

RTG =
VH

Qbiogas
(4)

Table 3. Summary of experimental periods.

Experimental Period R1 R2 R3 O1 O2 O3

Variable of interest and short
description Recirculation flow rate As R2 with sparger

on recirculation line
As O1 with increased

mixing rate
As O2 with

reduced OLR
SS trial length (days) 17 12 21 19 20 18
FW trial length (days) 14 9 21 32 20 18
Biogas recirc. rate (RPM) 20 120 240 120 120 120
Biogas recirc. rate (L L−1d−1) 12 67 115 67 67 67
With/without 10µm sparger on
recirculation line No Yes Yes Yes

Mixing stirring rate (RPM) 60 60 110 110
OLR (g VS L−1 d−1) 2 2 2 1
SS HRT (days) 14 14 14 28
FW HRT (days) 68 68 68 136

Hydrogen conversion describes how much of the hydrogen injected is actually con-
verted in the biomethanation process and is defined as:

XH2 =
∑ QH2,inj −∑ QH2,out + ∆H2

∑ QH2,inj
(5)

taken over the various experimental periods, where ∑ QH2,inj is the sum of the hydrogen
injected into the reactor and ∑ QH2,out is the sum of the hydrogen leaving the reactor, while
∆H2 is the volumetric variation in the H2 amount contained in the headspace in a given
time interval.

The methane evolution rate (MER) expresses the increase in the volumetric methane
production rate, over the methane production from the background AD process, resulting
from the in-situ biomethanation process and can be calculated using:

MER =
∑ QH2,inj −∑ QH2,out + ∆H2

4 VR
(6)

The biomethanation extent expresses the extent to which biomethanation has increased
the ratio of methane to carbon dioxide in the biogas and ignores any hydrogen content. It
can be calculated using Equation (7), where ∅ represents the volume or molar fraction:

Biomethanation extent =
χCH4

χCH4 + χCO2
(7)

The volumetric gas–liquid mass transfer coefficient (kLa) is expressed in Equation (8)
for hydrogen mass transfer, in a molar form, derived from the two-film theory [5,30]:

.
nG/L = VR kLa

(
C∗H2,l − CH2,l

)
(8)

where
.
nG/L is the molar transfer rate (mol d−1), VR is the reactor working volume, C∗H2,l

and CH2,l are the (molar) equilibrium and actual liquid concentrations, respectively, and
kLa is the gas–liquid transfer coefficient (d−1).

Due to difficulties surrounding the measurement of CH2,l , and the fact that in a healthy
biogas system, the concentration of dissolved hydrogen is maintained at a very low value
by the action of hydrogenotrophic methanogens, it is common to assume that the Cl value is
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negligible compared to C∗l , e.g., [5]. This is equivalent to the assumption that the gas–liquid
transfer rate of H2 is the limiting step of the biomethanation reaction.

C∗H2,l can be evaluated knowing the concentration of the gas in the bulk phase CH2,g
using Henry’s Law:

C∗H2,l =
CH2,g

H
(9)

where H is the dimensionless Henry’s constant; for hydrogen and water at 35 ◦C, the value
is 50 [5].

Since the concentration of hydrogen, CH2,g, changes spatially in the system (e.g., in-
jected as pure hydrogen and mixed with other gasses in the headspace), a mean logarithmic
concentration, shown in Equation (10), was used as the CH2,g, as in [30]:

CH2,g =
CH2, g,injection − CH2, g,headspace

ln
(
CH2, g,injection

)
− ln

(
Cg,headspace

) (10)

Combining the previous equations, it is possible to calculate the value of kLa for a
given set of experimental measurements:

kLa =
H

.
nG/L

VR CH2,g
=

H
(
∑ QH2,inj −∑ QH2,out + ∆H2

)

VR CH2,g

( p
RT

)
(11)

where the molar flow,
.
nG/L, is transformed into the measured volumetric flow (L d−1) at

STP conditions (temperature (T) 273.15 K, pressure (p) 1 bar, and gas constant R 0.08314 L
bar K−1 mol−1).

2.9. Mathematical Modelling

A mathematical model was produced to better understand the interaction between
various operational conditions and observed experimental results. An overview of the
material fluxes considered is shown in Figure 3. The model was not designed to fully de-
scribe the biomethanation process but instead to support hypotheses relating to underlying
mechanisms. The model is based on a single AD reaction that produces only methane and
carbon dioxide:

Feedstock→ CH4, AD + CO2, AD + Digestate (12)

The biomethanation follows Equation (1) and relies on a number of simplifying as-
sumptions:

1. The background AD process (the degradation of biomass into biogas) occurs at a
constant rate and fixed stoichiometry.

2. The CO2 produced by the background AD process is dissolved and available for
the biomethanation of injected hydrogen.

3. The reactor has fixed liquid and headspace volumes (i.e., the fedfeedstock volume
is equal to the removed digestate volume) and the headspace acts as a fully mixed reactor
compartment containing the gasses produced by the AD and biomethanation processed.

4. As per Section 2.8, the liquid concentration of dissolved hydrogen is negligible and
therefore the process is mass transfer limited.

For ease of comparison with experimental data, a volumetric balance was made around
the digester headspace, assuming all gasses behave ideally, at a fixed temperature and
pressure. The dissolved gases fluxes were calculated as their equivalent in volume for
convenience, although they themselves occupied no volume.
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The background volumetric production of methane
(
QCH4,AD

)
and carbon dioxide

(QCO2,AD) from the AD process are proportional to the OLR (
.

mOLR) using:

QCH4,AD = YCH4
.

mOLRVR (13)

QCO2,AD = YCO2
.

mOLRVR (14)

where kCH4 and kCO2 are the specific methane and carbon dioxide production constants
taken from the experimental data measured on the control reactors.

Based on the control system design as described in Section 2.6, the volumetric hydro-
gen injection, when it is not constrained by pH or gas composition, can be expressed by its
stoichiometric requirement:

QH2, inj = 0.9(4 QCO2,AD
)

(15)

Based on Equation (8), the dissolved hydrogen flux, expressed volumetrically (QH2, dis),
at STP conditions, can be calculated using:

QH2,dis = kLa
(

RT
p

)
VRC∗L (16)

where C∗L is calculated as in Equations (9) and (10).
The hydrogen (QH2 ) and carbon dioxide

(
QCO2

)
entering the headspace can be calcu-

lated by molar balance assuming that all the dissolved hydrogen reacts with carbon dioxide
and that the unreacted carbon dioxide enters the headspace:

QH2 = QH2,inj −QH2,dis (17)

QCO2 = QCO2,AD −
1
4

QH2,dis (18)

Methane production from biomethanation (QCH4,BM) is calculated based on reaction
stoichiometry (19), and the total methane produced is the sum of that from AD and
biomethanation (20), with the subsequent total biogas outflow (Qbiogas) being calculated
using Equation (21):

QCH4,BM =
1
4

QH2, dis (19)

QCH4 = QCH4,BM + QCH4,AD (20)

Qbiogas = QCH4 + QCO2 + QH2 (21)
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The resulting equilibrium biogas composition can be calculated, based on a component
volumetric balance by finding the steady state solution (d χgas/dt = 0), where χgas is the
volumetric composition in the headspace, to Equations (22)–(24) for all three component
gasses (CH4, CO2, H2), noting that the biogas recirculation is ignored during this balance
since all mass transfer is accounted for in Equation (16) and that otherwise the recirculation
does not result in a net transfer to or from the gas phase.

d χCH4

t
=

1
VH

(
QCH4 − χCH4

Qbiogas

)
(22)

d χCO2

t
=

1
VH

(
QCO2 − χCO2

Qbiogas

)
(23)

d χH2

t
=

1
VH

(
QH2 − χH2

Qbiogas

)
(24)

where VH is the overall gas phase volume.

3. Results and Discussion
3.1. BMP and Baseline AD Process

The results of the characterisation of the inoculum and feedstock samples are presented
in the Appendix A.1 (Tables A1 and A2). The BMP results are shown in Figure 4. The
average methane production of the SS and FW during the BMP test was 0.402 ± 0.005 and
0.471 ± 0.020 L g−1 VS, respectively. These are within the ranges given in the literature of
0.220–0.460 [31–33] and 0.460–0.530 [34–36] for SS and FW, respectively. Using the values of
the elemental analysis for both feedstocks (Table A2) and the calculated theoretical methane
potential [37], the BMP of SS and FW resulted in 76.04% and 87.95% of their respective
theoretical potentials. The methane potential of the cellulose as a positive control using the
two inoculums gave values of 0.370 and 0.374 L g−1 VS, equivalent to 89.5% and 90.4% of
the theoretical values.
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Figure 4. BMP test profiles for FW and SS (a), and the cellulose control for both inoculums (b).

Figure 5 shows the biogas composition from the initial baseline period prior to the
biomethanation periods, which was similar in all replicates and validates the repeatability
of the experimental approach; further baseline results are given in Appendix A.1 Table A3.
The average methane and carbon dioxide specific yields were 0.24 and 0.12 L g−1 VS for
SS and 0.42 and 0.28 L g−1 VS for FW, respectively. The baseline AD achieved 58 and
86% of the BMP specific methane yields, which is expected when comparing batch to
continuous AD processes [38]. The lower result for SS can be attributed to its relatively
short hydraulic retention time (HRT) (14 days, at OLR 2 g−1 VS L−1 day−1) compared with
the FW reactors (~68 days), since, in general, a longer HRT can be associated with a greater
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degree of feedstock degradation, as shown for FW in [36]. During the baseline AD testing,
the alkalinity ratio (IA/PA) for all reactors was stable, with it being approximately 0.40 (SS)
and 0.38 (FW).
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Figure 5. Biogas composition profile during a baseline AD testing prior to hydrogen injection, for
sewage sludge (SS) (a) and food waste (FW) (b).

3.2. In-Situ Biomethanation Testing

For each experimental period (R1–R3, O1–O3), prior to hydrogen injection, it was
ensured that all replicates had a similar baseline in terms of gas composition, gas content,
pH, and alkalinity ratio. The hydrogen was then injected into the four biomethanation
reactors (FW11, FW2, SS1, and SS2) in accordance with the specific experimental design of
each period. The estimated hydrogen injection stoichiometric requirement (GH2_est) was
updated before each experimental period based on the carbon dioxide production of the
control prior to the start of hydrogen injection. The following sections will present the
results for each of these periods, focusing on the results during hydrogen injection.

The volume of data collected, the amount of possible detailed discussion in terms of
describing results, and the operational challenges would make a comprehensive discussion
of all the experimental data too lengthy. Instead, a single experimental period (R1) and
feedstock (SS) will be described in detail to exemplify the data gathered as well as the
challenges and complexities faced. Subsequently, average data taken over the whole
experimental periods will be used to assess the overall trends and subsequent implications.
The average data also include the transient period at the initial hydrogen injection, which
generally lasts up to two days; therefore, the average data can be considered a good
approximation of the steady state performance of the various experimental conditions. The
full dataset, containing the detailed experimental outputs for the six experimental periods
for the all the replicates and controls, is available on a separate data repository [39], and for a
more detailed treatment of individual experimental conditions the reader is directed to [29].

3.2.1. In Situ Biomethanation Dynamics (Example Period R1 with SS)

Period R1 (gas recirculation 12 L L−1day−1) was monitored for 17 days, and the
average measured OLR during the experiment for control SS, SS1, and SS2 were 1.91, 1.88
and 1.92 g VS. L−1 day−1, respectively. Hydrogen injection remained stable at its setpoint
value (1.02 mL min−1, equivalent to approximately 0.86 L L−1 day−1), excluding short
periods of activation regarding the hydrogen gain loop (i.e., GH2_H2) of the feedback control
on days 0 and 9 and a technical problem with the hydrogen injection system on day 6. The
biogas output and OLR data for this period are shown in Figure 6.
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Figure 6. Biogas outflow, OLR, and hydrogen injection rate during period R1 for sewage sludge
(SS)-fed reactors: (a) Control SS, (b) biomethanation reactor SS1, (c) biomethanation reactor SS2.

The initial pH, in all reactors, at the beginning of the experiment was around 7.1
(Figure 7). Indicative of the initiation of hydrogen injection in all experimental periods,
the pH in the reactor SS1 and SS2 increased immediately after the addition of hydrogen,
which was expected and previously reported due to bicarbonate consumption by the
biomethanation reaction and the resulting predominance of the ammonia buffer on the
carbonate buffer system [3]. Both duplicates showed similar pH profiles, with the average
values for SS1 and SS2 being 7.41 and 7.44, respectively, compared with 7.20 in the case of
the control reactor.

The duplicate reactors showed a similar biomethanation extent, which reached a value
of approximately 80%, with the control value being approximately 70% (Figure 8), while
the H2 conversions were between 50–70%, with an average of 64 and 59% for SS1 and SS2,
respectively. The CO2 content decreased to approximately 15% in both biomethanation
reactors and a 30% level in the control reactor. The methane also decreased in the biometha-
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nation reactors, reaching an average of 56 and 54% in SS1 and SS2, respectively, due to
the dilution by hydrogen in the headspace, which reached a maximum content of 33 and
36%, respectively.
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Figure 7. pH profile during period R1 for sewage sludge (SS) fed reactors.
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Figure 8. Gas composition (CH4, CO2, H2 % vol.) and biomethanation extent (%) during period R1
for sewage sludge (SS) fed reactors.
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A feedstock feeding pump failure on day 3 on reactor SS1 (the effect on the OLR can be
seen in Figure 6) caused the feeding not to be delivered properly. This feeding failure caused
an evident drop in biogas production, while the flow of hydrogen injection remained at
its constant setpoint value. The lower biogas production and constant hydrogen injection
caused an increase in the hydrogen concentration of up to 37%, while the methane and
carbon dioxide concentrations dropped to 50 and 14%, respectively. In addition, the
reduction in biogas production resulted in a higher retention time, leading to higher H2
conversion, evident between days 3–4 in Figure 9.
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Figure 9. Hydrogen conversion in relation to gas retention time and hydrogen injection rate during
period R1 for sewage sludge (SS)-fed reactors: (a) biomethanation reactor SS1, (b) biomethanation
reactor SS2.

Abrupt changes in hydrogen injection also influence the process performance; this
can be seen on day 6 in both reactors SS1 and SS2 when hydrogen had to be stopped for
approximately five hours due to a technical issue. Biogas outflow immediately follows the
change in hydrogen injection, and a similar reduction can be seen in Figure 6. This leads
to a reduction in the gas flow and an increase in the gas residence time RT, which leads to
a higher hydrogen conversion. The resulting changes in gas composition can be seen in
Figure 8, where the hydrogen concentration diminishes and methane increase towards the
value of the baseline; the carbon dioxide, on the other hand, has a slower response, and its
content in the headspace remains more stable due to its increased solubility and residual
buffering capacity in the liquid phase.

The hydrogen gain loop (i.e., GH2_H2) of the feedback controller was activated on days
0 and 9 on the reactor SS2, as shown as a small drop in the hydrogen injection flow (see
Figure 6). The gas composition of methane and carbon dioxide remained far from the
constraints, while the hydrogen was near the upper constraint (40%).

The hydrogen conversion tended to increase from 50% at the beginning to 70% at the
end of the experiment in both reactors (Figure 9). This trend is also confirmed by the gas
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composition data (Figure 8), where on the final six days of the experimental period, the
methane content was observed to slightly increase in reactor SS2 along with a decrease in the
hydrogen content. The H2 conversion trend can be explained by microbial acclimation and
the growth of the hydrogenotrophic population during the experiment. Microbial activity
can, in fact, increase the gas–liquid mass transfer rate compared to a purely physical process
in abiotic liquid by converting the absorbed gas into the stagnant liquid layer surrounding
the gas bubble, thereby increasing the diffusional gradient. This phenomenon is reported
in the literature as the microbial enhancement of the gas–liquid mass transfer [30].

3.2.2. Variation in Biogas Recirculation Rate (Periods R1–R3)

A summary of the average values of the main process parameters across periods R1–R3
(i.e., the variation in the biogas recirculation rate) for both SS and FW can be found in
Figure 10. These data are supplemented by more detailed (per reactor) results presented in
the Appendix A.2 (Tables A4 and A6). During periods R1–R3, the general observations and
trends are similar for the SS and FW fed reactors, despite the generally higher all gas flow
values in the FW reactors due to the high BMP of FW compared with SS. Consequently, the
discussion will focus on SS whilst highlighting deviations from these for the FW reactors.

The general trend is that the increasing recirculation rate improved the hydrogen
consumption rate. On average, the hydrogen conversion increased from 0.84 to 1.09 L
day−1 between periods R1–R3 and increased the specific methane production rate by 26%
compared with the control reactor. The hydrogen conversion rates constituted with the
hydrogen injection rate in all periods were between 60 and 75%, where the highest value
was achieved at R3–SS. This conversion rate was lower than that obtained previously [12]
using a UASB reactor and a ceramic sponge diffuser (86.8%), but much larger than that
obtained from a large-scale reactor (10–26%) [15].

Increasing the biogas recirculation rate also improves the methane evolution rate
(MER) from 0.12 L L−1 day−1 to 0.15 L L−1 day−1. In general, the MER of in-situ biometha-
nation is in the range of 0.08 to 0.39 L L−1 day−1 [40].

An anomaly appears when analysing the consumption of hydrogen and the vol-
ume of methane that is produced additional to the control, which should theoretically be
0.25 L CH4 per L of H2 consumed. For example, in R1, the ratio of the additional methane
enrichment with hydrogen converted was 0.15 L CH4 L−1 H2. In R3, the ratio increased
to 0.23 L CH4 L−1 H2 (0.27 for FW). Beyond any undetected experimental error, an expla-
nation for this could be that hydrogen is being consumed for microbial growth [5,17]; a
H2:CH4 ratio above 4 has been suggested to account for microbial biomass growth [41].
Related to this, the sum of the theoretical consumption of CO2 by biomethanation (calcu-
lated from converted H2) and the volumetric CO2 from the output gas in all periods was
35%–39% higher compared to the CO2 produced in the reactor control. In this case, the extra
CO2 might have come from bicarbonate consumption and reduced final dissolved CO2,
as has been observed previously [12], or could be the increased biochemical production
of carbon dioxide due to differing process conditions between the control reactor and
biomethanation reactors (cf. average pH in Appendix A), meaning that the assumed parity
between the background AD process is invalid. The experimental overestimation of hydro-
gen consumption could explain both of these observations but a thorough examination of
all measurements and calculations did not yield an opportunity for such an error.

The average pH values on the SS1 and SS2 increased compared to the pH at the reactor
control. The average pH tends to increase along with the increase in the recirculation rate,
owing to the increase in hydrogen consumption and therefore reduced carbon dioxide
concentration that buffers the digestate pH. The average alkalinity during the experiment
in SS1 and SS2 was improved along with the increasing recirculation rates. The average
alkalinity ratio (IA/PA) in R1, 2, and 3 were 0.41, 0.35, and 0.28, respectively, with the
recommended threshold of ratio being 0.3 [26]. The average total VFA equally decreased
from an average of 2 to 1.2 g L−1.
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Figure 10. Summarised biomethanation experimental results; periods R1–R3 using SS (a) and FW
(b). Error bars show duplicate reactor averages, and E notation is used to scale results to the same
vertical axis.

As expected, the calculated kLa increased through the experimental periods due to the
increased flow rate in the recirculation stream (greater gas holdup in the liquid phase and
therefore higher specific area in terms of the bubbles). While this increase in mass transfer
allowed for the significant consumption of hydrogen by the reactors, the presence of high
concentrations of remaining hydrogen in the biogas outflow indicated that the process was
mass transfer limited in all cases.

In the case of FW, despite similar trends, the hydrogen content was observed to be
stable at a higher level compared to the equivalent SS reactors. The hydrogen gain loop was
activated for the majority of the time during R1–R3, mainly caused by the larger hydrogen
injection requirement of the feedstock, but with similar mass transfer characteristics. The
methane concentration in the biogas outflow was lower for FW due to dilution with a
higher amount of hydrogen but also the lower methane content from the background
FW digestion.
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To explore the variations in the gathered data over each operational period, in recog-
nition of the broad variation in the measured data and performance parameters and the
difficulty in terms of comparing the different operating conditions, the gas retention time
(RTG) was plotted against the hydrogen conversion for each biomethanation reactor and
experimental period, as seen in Figure 11. Both variables were calculated as two hours
average, covering the whole experimental period. Trendlines have been added of the form:

y = kx/(1 + kx) (25)

as suggested for a gas–liquid mass transfer limited process [42] since they offer a good
representation of the observed trends, i.e., that the hydrogen conversion eventually appears
to saturate with respect to an increased gas retention time (RTG). The curves were fitted
using OriginPro® to elucidate trends from the highly scattered data.
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Figure 11. Scatter plot of the retention time and hydrogen conversion (two-hour period averages)
with variations in biogas recirculation rate (R1–R3) for all biomethanation reactors: (a) SS1, (b) SS2,
(c) FW1, and (d) FW2.

In general, the data distribution shows that hydrogen conversion increases along with
the increase in the recirculation rate since the trendlines are also “ranked” in the graph
following the same, from lowest to highest recirculation rates (R1–R3), with this result
being previously reported [17]. There is a certain amount of deviation between the results
of duplicates FW1 and FW2, which can also be seen in the hydrogen consumption and kLa
results for FW (Figure 10).
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3.2.3. Further Optimisation of In-Situ Biomethanation (O1–O3)

As per the previous results, a summary of the average process parameters for periods
O1–O3 for both SS and FW reactors are shown in Figure 12, with a more detailed breakdown
in the Appendix A.2 (Tables A5 and A7). The expectation for the further optimisation
periods was that all three interventions considered, additional sparger on the biogas
recirculation line (O1), an increase in the mechanical mixing rate (O2), and a reduction in
the OLR (O3), should improve the overall performance of the biomethanation process. The
mechanism for this would be through increased mass transfer for the recirculation stream
in O1 and both the injection and recirculation stream in O2, while for O3, the improved
performance would result from the increased gas retention time due to generally lower
biogas production and hydrogen injection.
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Figure 12. Summarised biomethanation experimental results; periods O1-O3 using SS (a) and FW
(b). Error bars show duplicate reactor averages, and E notation is used to scale results to the same
vertical axis.
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For the SS reactors in period O1, this prediction was confirmed, by a comparison
with the results from R2 (equivalent biogas recirculation rate), through an increase in kLa
to 71 day−1 (c.f. 54) and hydrogen conversion to 80% (c.f. 60%). In period O2, however,
the results show no improvement from the increase in the mechanical mixing rate, and
even a slight, unexplained reduction in performance for SS2, except for the fact that the
hydrogen conversion increased in O2 to 83% (c.f. 80% in O1). The periods are difficult
to compare since there is a variation in the OLR from 1.8 to 2.0 gVS L−1 day−1 in O1 and
O2, respectively. A higher OLR would lead towards shorted gas retention times and a
reduction in hydrogen consumption, with other conditions remaining the same.

The best biomethanation performance in terms of desirable output biogas composition
(high methane (79%), low carbon dioxide (13%), and hydrogen (7%)) and highest hydrogen
conversion (94%) was achieved during O3 with a reduced in the OLR of 0.9 g VS L−1 day−1.
This is despite a reduction in the observed kLa, which was expected due to the reduced
hydrogen injection rate (in proportion with the reduced OLR) and therefore reduced gas
hold-up. This increased performance is traded off against a lower production rate in terms
of methane, expressed by a MER of 0.1 L L−1 day−1 (c.f. 0.15 in O2), and, due to the very
low OLR used, this is unlikely to be a practical solution for improved biomethanation
performance in a real-world scenario.

With regard to the FW experiments, O1–O3, a comparison between O1-FW (with the
additional sparger) and R2-FW (with equivalent biogas recirculation rate) shows a slight
reduction in hydrogen consumption, kLa, and the outflowing biogas composition. It is
possible that the increased OLR in O1 (2.0 c.f. 1.8 g VS L−1 day−1 in R2) is masking any
improvements in performance. It was also observed during O1 that there was an increase
in the ammonia concentration (from 3.62 to 3.95 gTAN kg−1) compared with previous
experimental runs and, also, for the first time, foaming was detected. There are numerous
causes for foaming in AD systems, such as improper mixing, fluctuations in the OLR,
and substrate types [43]. The levels of VFA and alkalinity ratio in the biomethanation
reactors were, on average, comparable to the levels in the control reactors, so no indication
of biological instability was noted.

The addition of mechanical mixing in O2 did lead to improvements in biomethanation
performance compared with R2 in terms of a higher hydrogen conversion (66 c.f. 60%),
MER (0.23 cf. 0.20 L L−1 day-), and kLa (82 c.f. 67 day−1), with the trend being similar to that
of O2 to R2 for the SS reactors. As per the SS reactors, the best biomethanation performance
for FW in terms of hydrogen conversion and desirable output biogas composition was at
the reduced OLR in O3.

The distribution of the hydrogen conversion as a function of the gas retention time
for experimental periods O1–O3 for both SS and FW is shown in Figure 13. Similar to
Figure 11, the fitted curves were added only for illustration rather than to imply quality of
fit. On the whole, the trends observed and discussed above can be confirmed in the scatter
plots, in that the biomethanation performance ranked in terms of hydrogen conversion for
SS was R2 < O1 ≈ O2 < O3. For FW, O1 (additional sparger) did not see the process gains
in one of the duplicates (FW1), and the ranking can be ordered as R2 ≈ O1 < O2 < O3 (as
discussed above).

3.3. In-Situ Biomethanation Modelling

The model developed in Section 2.9 was used to simulate the conditions for the
in-situ biomethanation experiments for two periods, O1 for SS and O2 for FW, as these
configurations showed the overall best results in terms of biomethanation performance
considering a combination of product quality (i.e., a high hydrogen consumption rate and
a high/low concentration of methane/carbon dioxide in biogas) and quantity (the methane
evolution rate).

Only minimal experimental data were required for the simulation owing to the low
model complexity, i.e., no reaction kinetics, inhibition, and biochemical considerations.
OLR and hydrogen injection were the model input. Only five parameters were required by
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the model structure: the specific yields of methane and carbon dioxide produced by the
background AD process (YCH4, YCO2) from the control reactor, the volumetric gas–liquid
mass transfer coefficient (kLa) from the biomethanation experimental data, and the reactor
and headspace volumes (VR, VH).
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Figure 13. Scatter plot of the retention time and hydrogen conversion (two-hour periods average)
with variations in operational conditions (O1–O3) for all biomethanation reactors:(a) SS1, (b) SS2,
(c) FW1, and (d) FW2).

Despite a simplified process model, comparison between the simulated and exper-
imental data show a good fit in terms of reproducing the main experimental average
outputs, as shown in Figure 14. Apart from carbon dioxide specific yield and concentration
in biogas, all the main results were fitted with a relative error below 16 and 11% for SS
and FW, respectively. Across both feedstocks, carbon dioxide production and content were
poorly represented, which can be related back to the discussion in 3.2.2 surrounding the
mass balance between the observed hydrogen consumption and carbon dioxide production.
Any mechanism that leads to increased observed carbon dioxide production (e.g., release
through alkalinity/pH change or changes to the background AD process) was not included
in the model, and therefore this experimental anomaly was not replicated.

274



Processes 2023, 11, 604

Processes 2023, 11, x FOR PEER REVIEW 22 of 31 
 

 

characteristics and performance indicators, for three levels of mass-transfer: 60 day−1, cor-
responding approximately to the conditions explored in this paper, and then 120 and 240 
day−1. The delivery of these improvements in mass transfer characteristics would require 
the redesign of the equipment, e.g., the use of membranes, increasing the aspect ratio (to 
increase the bubble path length), or a reduction in bubble size, but, given other works in 
this area, these values are not considered unrealistic. 

 
Figure 14. Comparison of the experimental data and modelled data for SS period O1 and FW period 
O2. 

Generally speaking, the model predicts that, within the explored conditions, in the 
best case, the process cannot deliver high performance single reactor in-situ biomethana-
tion in a practical and sensible range in terms of the OLR commonly found in AD systems. 
For example, even at the highest kLa explored (240 day−1), at an OLR of 5 g VS L−1 day−1 
(Point A, Figure 15), the process is predicted to produce biogas upgraded to contain ~10% 
both carbon dioxide and hydrogen with ~80% methane. This gas would require further 
treatment for most current applications. For use as a biomethane (as a natural gas drop-in 
replacement), it is likely that some kind of CO2 removal would be required, either through 
a further methanation step (e.g., ex situ biomethanation) or through a physical separation. 
For use as a vehicle fuel (as a CNG drop-in replacement), this gas would likely require 
hydrogen removal through, e.g., membrane separation. 

Depending on the mass transfer capabilities of the system, the available quantity of 
hydrogen, the targeted product gas application, and/or to match the composition of the 
product gas with the available downstream purification options, it may be beneficial to 
tune the in-situ process, which can be facilitated using the contour maps in Figure 15. The 
produced process contours can be helpful to explore this. For example, a system with a 
mass transfer capability of 120 day−1 may be optimised for ‘near complete’ in-situ bio-
methanation via operation at an OLR of 1 g VS L−1 day−1 (point B), with these conditions 
being able to produce a high-quality biomethane (~94% CH4 ~5% CO2, ~1% H2) but only 
at a low productivity (MER) of 0.1 day−1 and while significantly underutilising the biomass 
treatment capacity of the system. Another option for the same system may be to accept a 
low biomethanation extent, but to operate at a reduced stoichiometric ratio (S = 0.25) and 
an increased OLR (Point C) to partially upgrade the biogas (~75% CH4 ~24% CO2, ~1% H2) 
whilst minimising hydrogen contamination at a modest value of MER (0.75 L L−1 day−1). 
In another application, it may be better to maximise the consumption of carbon dioxide 
by applying a higher OLR and stoichiometric ratio (S = 0.9, Point D) to produce a 

0.17 1 0.54 0.18 1.59 1.41 0.39 0.23 0.55 0.17 0.28 0.82

0.18 0.43 0.33 0.03 0.65 0.78 0.84 0.16 0.77 0.07 0.16 0.71

0.18 0.49 0.33 0.07 0.68 0.85 0.80 0.17 0.68 0.13 0.19 0.71

g VS L−1 day−1 
E−1 L g−1 VS L g−1 VS L g−1 VS  L L−1 day  L L−1 day  % E−2 L L−1  day−1  % E−2  % E−2  % E−2 day−1 E−2

OLR Gas 
outflow

CH4 
production

CO2
production

H2 
consumed

H2
injected

H2 
conversion MER CH4 

content
CO2 

content
H2 

content kLa

0.17 1.03 0.6 0.11 1.66 1.53 0.38 0.24 0.58 0.1 0.32 0.82Model FW

Experimental FW-O2

Model SS

Experimental SS-O1

Unit

Indicator
0.0

0.2

0.4

0.6

0.8

1.0

1.2

1.4

1.6
 Experimental SS-O1
 Model SS
 Experimental FW-O2
 Model FW

Figure 14. Comparison of the experimental data and modelled data for SS period O1 and FW period O2.

The qualitative comparison between the modelling and experimental data also vali-
dates that the assumptions made during model formulation are also likely to be valid for the
experiment. The background AD process appears to be relatively unaffected by the addition
of additional hydrogen injection, and the process appears to be mass transfer limited.

The model can be used more broadly to explore the performance of an in-situ biometha-
nation system, as long as these founding assumptions hold. For demonstration, process
contour maps were generated (Figure 15) showing the effect of variations in the OLR and
hydrogen injection ratio, S (defined as S = QH2,inj/

(
4QCO2,AD ), on a range of process

characteristics and performance indicators, for three levels of mass-transfer: 60 day−1,
corresponding approximately to the conditions explored in this paper, and then 120 and
240 day−1. The delivery of these improvements in mass transfer characteristics would
require the redesign of the equipment, e.g., the use of membranes, increasing the aspect
ratio (to increase the bubble path length), or a reduction in bubble size, but, given other
works in this area, these values are not considered unrealistic.

Generally speaking, the model predicts that, within the explored conditions, in the
best case, the process cannot deliver high performance single reactor in-situ biomethanation
in a practical and sensible range in terms of the OLR commonly found in AD systems. For
example, even at the highest kLa explored (240 day−1), at an OLR of 5 g VS L−1 day−1

(Point A, Figure 15), the process is predicted to produce biogas upgraded to contain ~10%
both carbon dioxide and hydrogen with ~80% methane. This gas would require further
treatment for most current applications. For use as a biomethane (as a natural gas drop-in
replacement), it is likely that some kind of CO2 removal would be required, either through
a further methanation step (e.g., ex situ biomethanation) or through a physical separation.
For use as a vehicle fuel (as a CNG drop-in replacement), this gas would likely require
hydrogen removal through, e.g., membrane separation.

Depending on the mass transfer capabilities of the system, the available quantity of
hydrogen, the targeted product gas application, and/or to match the composition of the
product gas with the available downstream purification options, it may be beneficial to
tune the in-situ process, which can be facilitated using the contour maps in Figure 15.
The produced process contours can be helpful to explore this. For example, a system
with a mass transfer capability of 120 day−1 may be optimised for ‘near complete’ in-situ
biomethanation via operation at an OLR of 1 g VS L−1 day−1 (point B), with these conditions
being able to produce a high-quality biomethane (~94% CH4 ~5% CO2, ~1% H2) but only
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at a low productivity (MER) of 0.1 day−1 and while significantly underutilising the biomass
treatment capacity of the system. Another option for the same system may be to accept a
low biomethanation extent, but to operate at a reduced stoichiometric ratio (S = 0.25) and
an increased OLR (Point C) to partially upgrade the biogas (~75% CH4 ~24% CO2, ~1% H2)
whilst minimising hydrogen contamination at a modest value of MER (0.75 L L−1 day−1).
In another application, it may be better to maximise the consumption of carbon dioxide by
applying a higher OLR and stoichiometric ratio (S = 0.9, Point D) to produce a hydrogen-
rich biomethane blend (~65% CH4 ~10% CO2, ~25% H2) which, upon CO2 removal, could
be suitable for natural gas grid injection depending on local requirements at an improved
MER (0.85 L L−1day−1).
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For reference, the equivalent contours for a FW fed system are shown in Appendix A.2
Figure A1. The trends are similar, but the challenge of producing both a high quality and
quantity of biomethane product gas from an in-situ system is greater for FW due to its higher
biogas production and CO2 baseline content (and therefore greater hydrogen requirement).

4. Conclusions

In this work, in-situ biomethanation, alongside the AD of sewage sludge and food
waste, was successfully demonstrated at laboratory scale. Continuous feedstock and
hydrogen feeding as well as the monitoring and feedback control of the hydrogen supply
were implemented to emulate the envisaged full-scale implementation of this technology.
The complete results dataset is made available on a data repository [39].

The performance of the lab-scale process, in terms of its capability to produce a high-
concentration biomethane output gas directly from the digesters, was generally limited,
mainly due to the mass-transfer of gaseous hydrogen, which was evidenced by a large
residual hydrogen concentration in the produced biogas, but otherwise the biological
process was stable and showed no signs of process inhibition. Increasing the biogas
recirculation rate, reducing the bubble size through a sparger, and increasing the mechanical
mixing improved the gas–liquid mass transfer, with the kLa estimated to be between
43–82 day−1. At an OLR of 2 g VS L−1 day−1, it was possible to achieve a MER of 0.17 and
0.23 L L−1day−1, a H2 conversion of 80 and 66%, and a CH4 content of 69 and 55% for SS
and FW, respectively. The reduction in the OLR to 1 g VS L−1 day−1 allowed for an increase
in biomethanation performance in terms of hydrogen conversion (94 and 87% for SS and
FW, respectively) and methane content in biogas (79 and 68% for SS and FW, respectively),
but at the expense of overall system productivity and the utilisation of the reactors.

To explore a broader set of operating conditions, a process model, based on a single
AD reaction, the mass balance on the biomethanation reaction, and the simple treatment of
gas–liquid mass transfer was developed and acceptably validated on experimental data.
The exploration demonstrated the process design trade-offs that need to be made in order
to have either a highly productive (high OLR and methane production) or a high-quality
biomethane output gas (at low OLR) at the kLa values obtained in this experimental work.
With the kLa increased up to >240 day−1, a more complete in-situ biomethanation could
be possible at OLR values common in large scale AD systems for SS, while for FW, even
higher gas–liquid mass transfer rates would be required.

Author Contributions: Conceptualisation: A.S., D.P., S.M., and M.W; methodology; A.S., D.P.,
and M.W; modelling; D.P. and M.W; data-analysis: A.S., D.P., and M.W; writing—original draft
preparation: A.S., D.P., and M.W; writing—review and editing: A.S., D.P., S.M., and M.W; supervision:
W.N., D.P., M.P., and M.W.; project administration: W.N., D.P., M.P., and M.W; funding acquisition:
W.N., M.P., and M.W. All authors have read and agreed to the published version of the manuscript.

Funding: This work was supported by the Indonesia Endowment Fund for Education (LPDP) (PhD
Studentship) and the UK Engineering and Physical Sciences Research Council (EPSRC) through the
IBCat H2AD project ‘Biomethanisation of CO2 in anaerobic digestion plants’ (grant EP/M028208/1).

Institutional Review Board Statement: Not applicable.

Informed Consent Statement: Not applicable.

Data Availability Statement: Complete results dataset is available at the University of Sheffield data
repository: https://doi.org/10.15131/shef.data.21747239.

Conflicts of Interest: The authors declare no conflict of interest.

277



Processes 2023, 11, 604

Nomenclature

Abbreviations
AD Anaerobic digestion
ADM1 Anaerobic Digestion Model 1
BMP Biochemical methane potential
CSTR Continuous stirred-tank reactor
FW Food waste
FW1 Duplicate 1 in food waste biomethanation experiments
FW2 Duplicate 2 in food waste biomethanation experiments
HRT Hydraulic retention time
IA Intermediate alkalinity
ISR Inoculum to substrate ratio
MER Methane evolution rate (methane from biomethanation) [L L−1 d−1]
MFC Mass flow controllers
O1,O2,O3 Periods in the experimental stage at different operational conditions
OLR Organic loading rate
PA Partial alkalinity
R1,R2,R3 Periods in the experimental stage at different recirculation rates
SS Sewage sludge
SS1 Duplicate 1 in sewage sludge biomethanation experiments
SS2 Duplicate 2 in sewage sludge biomethanation experiments
STP Standard temperature and pressure (273.15 K and 1 bar)
TAN Total ammonia nitrogen
VS Volatile solids
Symbols
CH2,g Hydrogen concentration in the gas bulk phase [mol L−1]
C*

H2,l Dissolved hydrogen conc. in equilibrium with gas bulk phase [mol L−1]
CH2,l Dissolved hydrogen concentration in the liquid bulk phase [mol L−1]
GH2_est Estimated stoichiometric hydrogen injection rate [mL min−1]
GH2_CH4 Scheduled hydrogen injection, based on CH4 setpoint [mL min−1]
GH2_CO2 Scheduled hydrogen injection, based on CO2 constraint [mL min−1]
GH2_H2 Scheduled hydrogen injection rate, based on H2 constraint [mL min−1]
GH2_pH Scheduled hydrogen injection rate, based on pH constraint [mL min−1]
GH2_MFC Actual hydrogen injection flow rate, requested to the MFC [mL min−1]
H Henry’s dimensionless constant [(mol H2 L−1)gas/(mol H2 L−1)liq]
.
nG/L Molar gas–liquid transfer rate [mol d−1]
p Gas pressure [bar]
kCH4 Gain parameter, of the scheduling control based on methane [-]
kCO2 Gain parameter, of the scheduling control based on carbon dioxide [-]
kH2 Gain parameter, of the scheduling control based on hydrogen [-]
kpH Gain parameter, of the scheduling control based on pH [-]
Q Flow rate [L d−1]
Qbiogas Total biogas outflow rate [L d−1]
QCH4,AD Methane flow rate from digestion of feedstock [L d−1]
QCH4,BM Methane flow rate from biomethanation [L−1 d−1]
QCO2,AD Carbon dioxide flow rate from digestion of feedstock [L d−1]
QH2,dis Hydrogen dissolution rate [L−1 d−1]
R Ideal gas constant [L bar K−1 mol−1]
RTG Gas retention time [hours]
S Hydrogen injection ratio (injected over stoichiometric requirement) [-]
VH Overall gas phase volume of the system [L]
VR Working volume, liquid phase, of biomethanation reactor [L]
YCH4 Methane specific yield from digestion of feedstock [L g−1 VS]
YCO2 Carbon dioxide-specific yield from digestion of feedstock [L g−1 VS]
XH2 Hydrogen conversion in biomethanation [-]
χ Molar and volumetric gas fractions [-]
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Appendix A.

Appendix A.1. Results of Inoculum and Biomass Characterisation and Baseline AD Testing

Table A1. Characterisation results of the inoculums used for BMP and in-situ biomethanation
experiments.

Inoculum Unit Sewage Sludge Inoculum Food Waste Inoculum

TS % 3.04 3.97
VS % 2.00 2.74
pH 7.20 7.50
Ammonia gTAN/kg substrate 1.43 6.42
PA gCaCO3/kg 3.26 18.40
IA gCaCO3/kg 1.24 6.13
Total alkalinity gCaCO3/kg 4.51 24.52
IA/PA 0.38 0.33

Table A2. Characterisation results of the feedstocks used in the biomethanation experiments.

Feedstock Sewage Sludge Food Waste

TS (% wet weight) 3.96 ± 0.55 14.29 ± 0.52
VS (% wet weight) 2.79 ± 0.43 13.58 ± 0.48
Elemental Analysis

Carbon (%TS) 39.80 ± 0.84 49.92 ± 0.31
Hydrogen (%TS) 5.98 ± 0.22 6.77 ± 0.77
Oxygen (%TS) 26.58 ± 1.51 35.27 ± 0.63
Nitrogen (%TS) 4.80 ± 0.56 3.35 ± 0.08

Table A3. Results of baseline AD experiments across all reactors.

Reactor Methane (%) Carbon Dioxide (%) Specific Methane Yield (L g−1 VS) Specific Carbon Dioxide yield (L g−1 VS)

Control SS 65.38 ± 0.01 34.02 ± 0.00 0.25 ± 0.13 0.13 ± 0.06
SS1 65.32 ± 0.00 34.26 ± 0.00 0.24 ± 0.02 0.12 ± 0.01
SS2 64.97 ± 0.01 34.22 ± 0.01 0.23 ± 0.06 0.12 ± 0.03
Control FW 59.96 ± 0.01 39.62 ± 0.01 0.44 ± 0.09 0.29 ± 0.05
FW1 59.34 ± 0.01 39.56 ± 0.01 0.42 ± 0.05 0.28 ± 0.03
FW2 59.57 ± 0.01 39.90 ± 0.01 0.41 ± 0.13 0.27 ± 0.07

Appendix A.2. In-Situ Biomethanation Results across All Experimental Periods

Table A4. Average in-situ biomethanation results for sewage sludge (SS)-fed reactors across opera-
tional periods R1–R3.

Experimental Period R1 R2 R3

Reactor Control SS SS1 SS2 Control SS SS1 SS2 Control SS SS1 SS2

Duration days 17 17 17 12 12 12 21 21 21

OLR gVS LR
−1

day−1 1.91 1.88 1.92 1.93 1.89 2.03 1.87 1.99 1.97

H2 injection rate L LR
−1 day−1 0.81 0.80 0.85 0.85 0.85 0.87

Specific biogas
production L gVS−1 0.40 0.55 0.57 0.39 0.49 0.56 0.39 0.54 0.52

Specific CH4 production L gVS−1 0.28 0.31 0.31 0.27 0.28 0.32 0.27 0.34 0.34
Specific CO2 production L gVS−1 0.12 0.09 0.09 0.12 0.08 0.10 0.08 0.05 0.04
H2 consumption rate L LR

−1 day−1 0.52 0.46 0.61 0.56 0.63 0.65
H2 conversion % 64.09 58.50 71.41 66.32 73.93 75.26
Methane evolution rate
(MER) L LR

−1 day−1 0.13 0.12 0.15 0.14 0.16 0.16
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Table A4. Cont.

Experimental Period R1 R2 R3

Reactor Control SS SS1 SS2 Control SS SS1 SS2 Control SS SS1 SS2

Gas retention time hours 8.21 8.22 9.42 7.63 8.08 8.43
Gas–liquid transfer rate
kLa day−1 45.8 39.8 55.8 52.5 63.0 65.2

CH4 content vol.% 69.91 56.16 54.29 68.50 59.47 58.80 68.64 63.65 64.72
CO2 content vol.% 29.58 16.78 16.58 29.63 15.56 16.80 28.89 15.59 14.28
H2 content vol.% 0.07 27.91 30.24 0.11 25.28 24.63 0.24 20.23 20.38
pH 7.21 7.43 7.46 7.23 7.32 7.48 7.34 7.6 7.62
TS wt.% 2.41 2.59 2.48 2.34 2.38 2.53 2.51 2.76 2.57
VS wt.% 1.54 1.56 1.54 1.30 1.47 1.58 1.46 1.73 1.57
Ammonia gTAN L−1 1.61 1.55 1.49 1.46 1.36 1.56 1.46 1.56 1.52
Alkalinity ratio 0.45 0.42 0.40 0.37 0.38 0.31 0.33 0.31 0.31
Acetate g L−1 0.25 0.25 0.08 0.38 0.25 0.12 0.68 0.23 0.21
Total VFA g L−1 2.81 2.02 0.72 3.34 2.55 2.35 2.17 1.38 1.13

Table A5. Average in-situ biomethanation results for sewage sludge (SS)-fed reactors across opera-
tional periods O1–O3.

Experimental Period O1 O2 O3

Reactor Control SS SS1 SS2 Control SS SS1 SS2 Control SS SS1 SS2

Duration days 19 19 19 20 20 10 18 18 18

OLR gVS LR
−1

day−1 1.94 1.85 1.79 2.12 2.07 2.10 0.88 0.88 0.99

H2 injection rate L LR
−1 day−1 0.86 0.85 0.85 0.72 0.43 0.43

Specific biogas
production L gVS−1 0.43 0.50 0.47 0.29 0.37 0.28 0.27 0.4 0.36

Specific CH4 production L gVS−1 0.30 0.32 0.33 0.21 0.24 0.19 0.20 0.31 0.29
Specific CO2 production L gVS−1 0.14 0.07 0.06 0.08 0.05 0.04 0.07 0.05 0.05
H2 consumption rate L LR

−1 day−1 0.66 0.70 0.68 0.61 0.40 0.41
H2 conversion % 76.68 82.82 79.96 85.74 92.53 95.55
Methane evolution rate
(MER) L LR

−1 day−1 0.16 0.18 0.16 0.14 0.10 0.10

Gas retention time hours 9.42 10.91 11.89 19.75 25.06 25.11
Gas–liquid transfer rate
kLa day−1 64.7 76.4 66.1 69.3 53.2 65.2

CH4 content vol.% 67.90 65.36 71.49 69.92 66.22 72.05 71.1 77.62 80.90
CO2 content vol.% 31.11 13.95 12.51 28.75 12.41 13.24 25.60 12.84 12.90
H2 content vol.% 0.12 21.32 15.99 0.08 22.14 14.37 0.03 8.63 4.92
pH 7.74 7.78 8.01 7.43 7.59 7.24 7.57 7.78 7.62
TS wt.% 3.02 3.19 3.37 2.59 2.37 2.72 2.48 2.24 2.31
VS wt.% 1.63 1.75 1.87 1.24 1.31 1.45 1.29 1.25 1.24
Ammonia gTAN L−1 1.60 1.59 1.53 1.38 1.46 1.45 1.51 1.53 1.57
Alkalinity ratio 0.41 0.42 0.38 0.17 0.41 0.63 0.14 0.14 0.15
Acetate g L−1 0.94 2.11 2.94 0.95 2.00 2.25 0.31 0.23 0.40
Total VFA g L−1 2.40 3.27 4.04 2.61 3.62 3.08 1.01 0.58 0.79

Table A6. Average in-situ biomethanation results for food waste (FW)-fed reactors across operational
periods R1–R3.

Experimental Period R1 R2 R3

Reactor Control FW FW1 FW2 Control FW FW1 FW2 Control FW FW1 FW2

Duration days 14 14 14 9 4 9 21 21 21

OLR gVS LR
−1

day−1 0.94 1.35 1.31 1.70 1.88 1.63 2.04 1.97 2.00

H2 injection rate L LR
−1 day−1 0.8 0.795 1.36 1.32 1.46 1.49

Specific biogas
production L gVS−1 0.59 0.75 0.83 0.58 0.89 0.99 0.71 1.04 0.99
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Table A6. Cont.

Experimental Period R1 R2 R3

Reactor Control FW FW1 FW2 Control FW FW1 FW2 Control FW FW1 FW2

Specific CH4 production L gVS−1 0.38 0.40 0.42 0.36 0.42 0.48 0.45 0.50 0.53
Specific CO2 production L gVS−1 0.20 0.17 0.19 0.21 0.18 0.17 0.24 0.18 0.18
H2 consumption rate L LR

−1 day−1 0.56 0.51 0.82 0.79 0.81 0.94
H2 conversion % 70.64 64.66 60.02 59.71 56.26 63.7
Methane evolution rate
(MER) L LR

−1 day−1 0.13 0.12 0.20 0.20 0.19 0.22

Gas retention time hours 11.12 10.15 7.83 5.29 5.43 4.57
Gas–liquid transfer rate
kLa day−1 53.8 46.9 67.8 65.3 67.9 83.0

CH4 content vol.% 63.83 52.75 50.86 62.45 47.96 49.67 61.82 48.45 53.18
CO2 content vol.% 35.09 24.23 23.82 36.33 20.26 17.67 36.36 19.56 18.64
H2 content vol.% 0.10 23.13 25.50 0.12 32.82 33.56 0.16 32.11 28.15
pH 7.6 7.66 7.63 7.71 7.86 n.a 7.77 7.94 8.16
TS wt.% 3.71 3.78 3.63 3.24 3.24 2.97 4.08 3.50 4.34
VS wt.% 2.73 2.80 2.73 2.38 2.29 2.24 2.82 2.46 3.14
Ammonia gTAN L−1 4.42 4.25 4.13 3.80 3.62 3.50 3.66 3.69 3.60
Alkalinity ratio 0.63 0.77 0.78 0.39 0.35 0.34 0.33 0.29 0.28
Acetate g L−1 0.64 1.31 1.53 0.47 0.53 0.51 0.37 0.34 0.48
Total VFA g L−1 1.30 2.07 2.26 0.80 0.86 0.83 0.89 0.86 0.98

Table A7. Average in-situ biomethanation results for food waste (FW)-fed reactors across operational
periods O1–O3.

Experimental Period O1 O2 O3

Reactor Control FW FW1 FW2 Control FW FW1 FW2 Control FW FW1 FW2

Duration days 32 32 32 20 20 20 18 18 18

OLR gVS LR
−1

day−1 1.79 2.01 2.06 2.05 1.64 1.71 0.95 0.97 0.99

H2 injection rate L LR
−1 day−1 1.47 1.51 1.38 1.43 0.74 0.77

Specific biogas
production L gVS−1 0.69 1.12 1.06 0.61 1.00 1.00 0.78 0.78 0.75

Specific CH4 production L gVS−1 0.43 0.52 0.53 0.38 0.52 0.55 0.54 0.51 0.53
Specific CO2 production L gVS−1 0.26 0.23 0.22 0.24 0.18 0.18 0.24 0.15 0.14
H2 consumption rate L LR

−1 day−1 0.73 0.84 0.90 0.96 0.64 0.69
H2 conversion % 49.65 56.06 64.99 67.62 85.11 89.82
Methane evolution rate
(MER) L LR

−1 day−1 0.18 0.21 0.22 0.24 0.16 0.17

Gas retention time hours 3.94 3.99 6.67 5.08 12.06 12.33
Gas–liquid transfer rate
kLa day−1 58.9 71.9 78.0 86.8 72.5 88.1

CH4 content vol.% 61.96 46.79 50.20 61.54 54.50 56.05 67.37 66.26 70.56
CO2 content vol.% 37.48 20.94 20.45 37.97 16.95 18.03 31.84 19.51 18.93
H2 content vol.% 0.12 34.96 30.45 0.05 29.45 26.80 0.02 14.04 10.23
pH 7.75 8.18 8.10 7.76 8.20 8.20 7.69 8.13 8.25
TS wt.% 3.04 2.83 2.92 2.91 2.78 2.74 2.72 2.54 2.55
VS wt.% 2.11 1.99 2.07 2.00 1.92 1.90 1.84 1.65 1.75
Ammonia gTAN L−1 3.84 3.95 3.87 4.10 3.86 4.14 4.32 3.45 4.14
Alkalinity ratio 0.31 0.30 0.28 0.29 0.28 0.21 0.61 0.14 0.21
Acetate g L−1 0.84 0.84 0.88 2.01 1.86 0.65 4.42 0.61 0.35
Total VFA g L−1 1.19 1.15 1.17 3.11 3.02 1.12 6.88 1.20 0.74
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Figure A1. Contour plots of modelled in-situ biomethanation performance using FW with a varia-
tion in the OLR and hydrogen injection ratio for kLa of 60, 120, and 240 day−1. 

References 
1. Straka, P. A Comprehensive Study of Power-to-Gas Technology: Technical Implementations Overview, Economic Assessments, 

Methanation Plant as Auxiliary Operation of Lignite-Fired Power Station. J. Clean. Prod. 2021, 311, 127642. 
2. Ferry, J.G. Methanogenesis: Ecology, Physiology, Biochemistry & Genetics; Springer Science & Business Media: Berlin, Germany, 

2012. 
3. Luo, G.; Johansson, S.; Boe, K.; Xie, L.; Zhou, Q.; Angelidaki, I. Simultaneous Hydrogen Utilization and in Situ Biogas Upgrading 

in an Anaerobic Reactor. Biotechnol. Bioeng. 2012, 109, 1088–1094. https://doi.org/10.1002/bit.24360. 
4. Jee, H.S.; Yano, T.; Nishio, N.; Nagai, S. Biomethanation of H2 and CO2 by Methanobacterium Thermoautotrophicum in 

Membrane and Ceramic Bioreactors. J. Ferment. Technol. 1987, 65, 413–418. https://doi.org/10.1016/0385-6380(87)90137-3. 

Organic loading rate (g VS L − 1 day− 1)

H
yd

ro
ge

n 
in

je
ct

io
n 

ra
tio

 (S
)(V

/V
)

kLa = 60 day− 1

0.2

0.4

0.6

0.6

0.8

0.8

0.9

0.9

0.99

0.99

1 2 3 4 5 6
0.05

0.5

0.9
kLa = 120 day− 1

0.4

0.6

0.8
0.9

0.9

0.99

0.99

1 2 3 4 5 6
0.05

0.5

0.9
kLa = 240 day− 1

0.6

0.8
0.90.95
0.99

0.99
1 2 3 4 5 6

0.05

0.5

0.9

H
2 

co
nv

er
si

on
 (V

/V
)

0.025

0.05

0.05

0.1

0.1

0.15

0.15

0.2

1 2 3 4 5 6
0.05

0.5

0.9

0.025

0.05

0.05

0.1

0.1

0.15

0.15

0.2

0.2

0.3

0.4

1 2 3 4 5 6
0.05

0.5

0.9

0.025

0.05

0.05

0.1

0.1

0.2

0.2

0.3
0.4

0.5

1 2 3 4 5 6
0.05

0.5

0.9

M
ER

 (L
 L
−

1 
da

y−
1)

0.65

0.7

0.
7

0.75
0.8

0.
85

1 2 3 4 5 6
0.05

0.5

0.9

0.65

0.7

0.75

0.7
5

0.8

0.85
0.9

1 2 3 4 5 6
0.05

0.5

0.9

0 65

0.7

0.75

0.8

0.85

0.9

0.95

1 2 3 4 5 6
0.05

0.5

0.9

Bi
om

et
h.

 e
xt

en
t (

V/
V)

0.4

0.5

0.6

0.6

0.65 0.65

0.65

0.675
0.7

0.
72

50.
75

0.
8

1 2 3 4 5 6
0.05

0.5

0.9

0.5

0.6

0.65

0.65
0.675

0.675
0.7

0.725
0.75

0.8

1 2 3 4 5 6
0.05

0.5

0.9

0.6

0 65

0.65

0.7

0.7
0.75

0.8

0.85
0.9

1 2 3 4 5 6
0.05

0.5

0.9

C
H

4 
in

 b
io

ga
s 

(V
/V

)

0.1 0.15

0.2

0.25

0.3
0.35

1 2 3 4 5 6
0.05

0.5

0.9 0.1
0.15

0.2

0.25

0.3
0.35

1 2 3 4 5 6
0.05

0.5

0.9 0.05 0.1

0.15

0.2

0.25

0.3

0 35
1 2 3 4 5 6

0.05

0.5

0.9

C
O

2 
in

 b
io

ga
s 

(V
/V

)

0.01

0.01

0.05

0.05

0.1

0.1

0.2

0.2

0.3
0.4

1 2 3 4 5 6
0.05

0.5

0.9 0.01

0.01

0.05

0.05

0.1

0.1

0.2
0.3

0.4

1 2 3 4 5 6
0.05

0.5

0.9 0.01

0.01

0.05

0.1
0.2

0.3

1 2 3 4 5 6
0.05

0.5

0.9
H

2 
in

 b
io

ga
s 

(V
/V

)

Figure A1. Contour plots of modelled in-situ biomethanation performance using FW with a variation
in the OLR and hydrogen injection ratio for kLa of 60, 120, and 240 day−1.
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Abstract: CO2 biomethanisation is a rapidly emerging technology which can contribute to reducing
greenhouse gas emissions through the more sustainable use of organic feedstocks. The major technical
limitation for in situ systems is that the reaction causes CO2 depletion which drives up pH, potentially
leading to instability and even digestion failure. The study aimed to test fundamentally derived
predictive equations as tools to manage H2 addition to anaerobic digesters. The methodology used
data from the literature and from experimental digesters operated with excess H2 to a point of failure
and subsequent recovery. Two equations were tested: the first relating pH to CO2 partial pressure
(pCO2), and the second extending this to include the influence of volatile fatty acids and ammonia.
The first equation gave good agreement for data from studies covering a wide range of operating
conditions and digester types. Where agreement was not good, this could usually be explained,
and in some cases improved, using the second equation, which also showed excellent predictive
performance in the experimental study. The results validated the derived equations and identified
typical coefficient values for some organic feedstocks. Both equations could provide a basis for
process control of CO2 biomethanisation using routine monitoring of pH or pCO2 with additional
analysis for volatile fatty acids and total ammonia nitrogen when required.

Keywords: CO2 biomethanisation; pH change; CO2 partial pressure; volatile fatty acids; ammonia

1. Introduction

The ability of certain methanogens to use hydrogen (H2) as a reducing agent for the
conversion of carbon dioxide (CO2) into methane (CH4) has been known to science for
decades [1]. More recently, the growing realisation of the potential engineering applications
has helped to move this process rapidly up through technology readiness levels from the ini-
tial laboratory research [2] to larger-scale implementation [3,4]. CO2 biomethanisation can
be carried out in various configurations. Ex situ processes are usually defined as operating
on gaseous H2 and CO2 in dedicated reactors, with or without defined inocula, and can offer
the advantages of high gas transfer rates and volumetric throughput: the main commercial
systems currently in use are of this type [3–5]. In situ systems use CO2 produced during
the anaerobic digestion of organic substrates, with the addition of H2 stimulating parts of
the mixed microbial community to carry out the CO2 biomethanisation process. Various
hybrids of these two basic concepts are also possible, e.g., where additional exogenous
CO2 is provided for conversion within an in situ system [6], or where high-rate reactors
are fed with organic substrates for nutrient supply and/or replenishment of the microbial
population, rather than as the main source of CO2 [7,8]. Other variants under development
include those using syngas [9], zero-valent iron [10], and bioelectrochemical systems [11].

While ex situ systems are furthest along the pathway to full-scale application, all these
approaches have specific advantages and features that make them suited to different applica-
tions. The urgent need for renewable hydrocarbons and for more sustainable utilisation of
organic carbon has recently led to increasing interest in biomethanisation of CO2 from waste
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feedstocks, as evidenced by a growing number of papers on this topic [12]. The attractions of
this approach are firstly that it can enhance CH4 yields from existing AD infrastructure, with
potentially low retrofitting costs [13]. Secondly, it increases the scope for the integration of
anaerobic digestion with local or grid-based renewables and other on-site technologies [14,15].
Thirdly, it can provide biogas with a high methane content, in some cases equal to that
reported for single-pass ex situ reactors [12], from organic carbon inputs.

The main perceived drawback of the in situ approach is that reduction in the headspace
CO2 content induces a rise in pH [16], which if uncontrolled can lead to process instability or
even digestion failure [17,18]. In full-scale digesters this is expensive and time-consuming
to rectify: in the worst case, digester contents may have to be replaced with fresh inoculum,
leading to extended downtime, and a digestate disposal problem [19]. As with other
process innovations, widespread adoption of CO2 biomethanisation will require companies
to have confidence in their ability to control the process and to avoid any risk of instability,
or to identify and deal with if for some reason it does occur. This security can be delivered
by the development of effective process control tools [20,21], which ideally should be based
on experimentally validated relationships that are underpinned by sound science and an
in-depth understanding of the factors involved [22]. To be accepted, such relationships
must also be demonstrated as robust over a wide range of conditions, including periods of
dynamic change and when operations become unstable, e.g., with accumulation of volatile
fatty acids (VFA) [20,22].

As a step towards this, Tao et al. [6] suggested a relationship between digester pH
and partial pressure of CO2 (pCO2) in the headspace that would allow estimation of the
minimum pCO2 for stable operation, and thus by extension, the maximum achievable CH4
content. The strength of this lies in the fact that it is derived from fundamental principles
and requires only minimal information (digester operating temperature and a baseline
value for pH and pCO2) for calibration and use. It was developed for systems where
ammonium-bicarbonate buffering is dominant, as is the case for most real-world organic
feedstocks. Although, extension to phosphate, which is usually present when basal media
are used, was also demonstrated [6]. However, it did not include consideration of VFA
which may accumulate during CO2 biomethanisation for various reasons, e.g., too high a
H2 partial pressure and/or too high pH without appropriate acclimatisation. The authors
were also unable to explain why the maximum acceptable pH seemed to vary with different
substrates, and more work is needed to clarify this.

In the current work, data gathered from an extensive review of published literature
was used to investigate how well the original equation derived by Tao et al. [6] was able to
predict operating pH from pCO2, and where the fit was poor, to see whether it was possible
to understand why. The original equation was modified to include consideration of the
effects of total ammonia nitrogen (TAN) and VFA, and where suitable literature data were
available these were used to test and compare the performance of the two equations. As
the number of studies with suitable data was limited, both equations were also applied to
data from a laboratory-scale CO2 biomethanisation trial which was deliberately designed
to show VFA accumulation and the onset of process instability.

The results from all parts of this work clearly demonstrated the robustness of the
derived equations, and thus their potential suitability for use in process control systems
based on pCO2 and/or pH measurements, with additional monitoring of TAN and VFA
when required.

2. Materials and Methods
2.1. Equations Relating pH and pCO2

The equation derived by Tao et al. [6] relates pH to the partial pressure of CO2 in the
digester headspace

pH = −log10

(
a·pCO2 +

√
a2·pCO2

2 + 4·10−t·a·pCO2

2

)
(1)
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where:

a =

(
10−pHo

)2

10−t + 10−pHo ·
1

pCO2
o (1a)

t = 0.90018 +
2729.29

T
(1b)

and T is the digester operating temperature digester in degrees K.
The superscript o in Equation (1a) represents chosen baseline values. Symbols with

this superscript are therefore constants obtained from a control digester or operating period,
e.g., from conventional anaerobic digestion without CO2 biomethanisation.

The above relationship can be taken further by considering the effect of VFA. As weak
acids, these metabolic products are also capable of donating protons to NH3 in an AD
environment. A modified version of Equation A can therefore be obtained, which applies
to both baseline conditions and in CO2 biomethanisation.

At equilibrium: [
HCO3

−]+
[
VFA−] =

[
NH4

+
]

(2a)

where [ ] represents molar concentration.
Among the terms in Equation (2a)

[
HCO3

−] = Ka1KH pCO2

10−pH (2b)

(as in Equation (4) in Tao et al. [6]), and

[
NH4

+
]
=

10−pH

10−t + 10−pH [TAN] (2c)

(as in Equation (7) in Tao et al. [6], but with t left as a variable rather than expressed as the
constant for operation at 37 ◦C).

Considering that the pH of anaerobic digestion processes is commonly neutral or
slightly in the alkaline range, especially under CO2 biomethanisation:

[
VFA−] = [VFA] (2d)

where [VFA] represents total VFA concentration, including both protonated and deproto-
nated forms.

Equation (2a) can then be converted to:

Ka1KH pCO2

10−pH + [VFA] =
10−pH

10−t + 10−pH [TAN] (2e)

Therefore:

(
10−pH

)2
− Ka1KH pCO2 + [VFA]·10−t

[TAN]− [VFA]
·10−pH − Ka1KH pCO2·10−t

[TAN]− [VFA]
= 0 (2f)

Solving Equation (2f) gives:

10−pH =

(
b·pCO2 + [VFA]·10−t)+

√(
b·pCO2 + [VFA]·10−t

)2 − 4·([TAN]− [VFA])·
(
−b·pCO2 ·10−t

)

2·([TAN]− [VFA])
(2g)

where:

b = Ka1KH =

(
10−pH0

10−t + 10−pH0 [TAN]0 − [VFA]0
)
·10−pH0

pCO2
0 (2h)

Therefore, the relationship between pH and pCO2 can be expressed as in Equation B:
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pH = − log10

(
b·pCO2 + [VFA]·10−t)+

√(
b·pCO2 + [VFA]·10−t

)2 − 4·([TAN]− [VFA])·
(
−b·pCO2 ·10−t

)

2·([TAN]− [VFA])
(2)

For the remainder of this paper the expressions shown in Equations (1) and (2) are
referred to as Equation A and Equation B, respectively. When the VFA concentration is zero,
Equation B is identical to Equation A. It should be noted that Equation B does not apply
when the molar concentration of VFA is close to or greater than that of TAN as, in this case,
the ammonia produced is not sufficient to neutralise both fatty acids and carbonic acid.

2.2. Literature Data

Search terms including ‘CO2 biomethanisation’ or ‘CO2 biomethanation’, ‘in situ
biogas upgrading’, and ‘anaerobic digestion’ in conjunction with ‘H2 addition’ were used
to identify papers of possible interest. This produced several thousand publications, the
majority of which after a brief inspection of the title or abstract were found not to be
relevant to the current study. A total of 73 papers, identified either directly in this way
or from the reference lists of the selected papers, were examined in more detail. In total,
37 of these were eliminated as they did not directly address in situ conversion of CO2
from organic feedstocks, did not include the required data on pH and pCO2, or for other
methodological reasons. Data were then extracted from the remaining 36 peer-reviewed
papers and their supporting materials, with additional information obtained from the
authors where possible.

The resulting data were in the form of sets of average values from different experimen-
tal periods in a study, or individual points from experimental data series. For each study
or dataset considered, average values for pH, pCO2, and where available VFA and TAN
concentrations from control reactors or baseline periods were used to derive coefficients
a or b for Equations A or B. Measured CO2 concentrations were then used to predict pH
for each data point, excluding the selected control or baseline period, for comparison with
experimental pH values.

2.3. Digester Set-Up and Operation

Experimental work was carried out in eight 1-L digesters (designated D1-8) maintained
at 37 ◦C in a water bath, as described in Tao et al. [23]. The digesters were mixed by 40 mm
diameter 3-blade impellers driven at 200 rpm. Each digester initially received 500 mL of
inoculum from a mesophilic anaerobic digester at Millbrook Wastewater Treatment Works
(WWTW), Southampton, UK. The feed was co-settled primary and secondary sewage
sludge collected from Budds Farm WWTW, Portsmouth, UK, in a single batch and frozen
in aliquots until required, then stored under refrigeration until use. The average total solids
(TS) content of the feed was 6.91% wet weight (WW) with average volatile solids (VS)
of 5.69%WW. Feeding and digestate removal were carried out manually once per day to
give a Hydraulic Retention Time (HRT) of 14.6 days and an organic loading rate (OLR)
of 3.87 g VS L−1 day−1 unless noted. All digesters had been run under these conditions
for 70 days before the start of the current trial to ensure stable and replicable operation.
From day 0–54, operation of all digesters continued under the same conditions to allow the
establishment of robust baseline values.

H2 addition was achieved by dispensing the required volume into a foil-lined gas-
impermeable bag using an EL-Flow Prestige mass flow controller (Bronkhorst, UK). The
filled gas bag was attached to the digester immediately after the daily addition of organic
feed, and the gas was bubbled up through the digestate and recirculated from the headspace
at a flow rate of 8 mL min−1. At the end of the daily cycle, the full gas bag was removed
for measurement of gas volume and composition

In general, gas production and composition were measured daily throughout the
experiment. From day 0–54 pH and VFA concentrations were measured twice a week, with
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TAN, alkalinity, and solids content measured weekly. pH and VFA were measured daily
between days 55–100, covering the period of H2 addition and subsequent stabilisation,
while other parameters were measured intermittently. More frequent monitoring was
resumed at the end of the experimental period from day 110–125.

2.4. Analytical Methods

TS and VS were determined by Standard Method 2540 G [24]. TAN was measured
using a BÜCHI K-350 Distillation Unit, with NaOH addition followed by titration of the
distillate in a boric acid indicator with 0.25 N H2SO4. Alkalinity was measured using
a SCHOTT titroline system with titration by 0.25 N H2SO4 to endpoints of pH 5.75 and
4.3, to allow calculation of total (TA), partial (PA), and intermediate alkalinity (IA) [25].
VFA concentrations were determined by gas chromatography (Shimadzu GC-2010) using a
flame ionisation detector and a capillary column (SGE BP-21) with nitrogen as the carrier
gas. Samples were acidified to 10% with formic acid and quantified against mixed standards
of 50, 250, and 500 mg L−1 of acetic, propionic, iso-butyric, n-butyric, iso-valeric, valeric,
hexanoic, and heptanoic acids. Biogas composition was determined using a MG#5 Gas
Chromatograph (SRI Instruments, Torrance, CA, USA) with a thermal conductivity detector
(TCD). The instrument had two linked analytical lines with CH4 and CO2 separated by a
Porapak Q column (80/100 mesh, 6ft), and H2 by a molecular sieve 5A column (6ft). GC
calibration was conducted using standard gases supplied by BOC, UK. Gas volumes were
determined in a weight-based water displacement system [26] and are reported as dry gas
at a standard temperature and pressure (STP) of 0 ◦C and 101.325 kPa.

2.5. Performance Assessment and Statistical Analyses

Performance of Equations A and B was assessed by several measures. Heat maps were
used to show the absolute value of the difference between experimental and predicted pH
for single data points or for average values for an experimental period. For multiple values,
in the first instance the Root Mean Square Deviation was calculated, with deviation defined
here as the difference between experimental pH and predicted pH value for each point.

Where data points might be expected to show some relationship, e.g., between average
values for different sets of conditions within an experiment or between individual points
in a data series, regression analysis was carried out. For this purpose, the coefficient of
determination (R2) and the Root Mean Square Error (RMSE) were calculated, with error
defined as the difference between the predicted pH and the line of best fit for experimental
and predicted values, to take account of variation in experimental values. The slope and
intercept of regression equations were also considered. T-tests were used to determine the
significance of regression statistics and of differences between slopes, with values taken as
significant at the 5% level.

For the purposes of assessment, the level of agreement between experimental and pre-
dicted pH was defined as good if the difference was <0.1, reasonable between 0.1–0.2, and
poor if >0.2 for single data points, or for the RMSD or RMSE of multiple values. Correlation
between predicted and experimental pH was defined as poor for R2 < 0.8, reasonable for
R2 between 0.8–0.9, and good for R2 > 0.9. These definitions were based on examination of
the data and consideration of likely measurement accuracy [24,27]. The studies considered
were not specifically designed for the evaluation of the relationship between pH and pCO2
and would therefore not have taken any special steps to ensure accuracy. pH values are
affected by temperature and dissolved CO2 content, which may change after removal of
the sample from the digester [19], while online in-situ measurement requires frequent
calibration for accuracy [19]. As a non-combustible gas, it is also challenging to measure
CO2 accurately over the wide range of partial pressures found in CO2 biomethanisation
experiments, whether by gas chromatography (GC) or sensor [27]. The precision of the
available data was also taken into account, with, e.g., pH values often only reported to
0.1 unit in AD and CO2 biomethanisation studies.
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3. Results
3.1. Application of Equation A to the Literature Data

In total, 36 studies were found with suitable data on pH and pCO2. Most of these
reported average values for monitoring parameters from periods of operation under speci-
fied conditions, often supported by graphical data. Some also provided numerical data in
Supplementary Materials or on request.

The studies covered a wide range of experimental conditions and operating configurations,
including different digester types (continuous stirred tank reactors (CSTR) [6,17,18,23,28–52],
upflow anaerobic sludge blanket (UASB) reactors [53,54], anaerobic membrane bioreactors (An-
MBR) [55,56], and anaerobic filters (AF) or trickle beds [57,58]. These were arranged in single
and 2-stage systems with H2 injection in the first [59] or second [32,36,42,43,45–47,60] stage, and
with [59] or without [32,42] gas recirculation between the stages). Rates of mixing, gas addition,
and recirculation were also varied both within and between studies. Some studies were carried
out in pressurised systems [35,37], with gases other than H2 (e.g., carbon monoxide [41,54] or syn-
gas [48,49]). Different gas supply systems were used, including headspace injection [28,29,47,58],
various types of bubble tube [6,23,34] or diffuser [2,32,37,42,44,46,49,50,54], venturi outlets [57], and
membrane systems [30,40,48]. Trials were conducted in mesophilic [28–30,33–38,44,48,52,54–56,58]
and thermophilic [17,18,31,39–47,50,53,59,60] conditions, in some cases specifically to compare
these [32,49,51]. They were also performed with a variety of feedstocks including livestock ma-
nures and slurries, crop and agro-wastes, industrial and post-consumer food wastes, wastewater
biosolids, and others [12].

The results of the application of Equation A to these studies are shown in Tables S1–S36
in the Supplementary Materials, in the form of a summary of key operating conditions,
with heat maps showing the difference between predicted and experimental pH values,
and brief comments on interesting results or trends in each study. Selected examples are
discussed below.

As can be seen from the heat maps, good agreement was found under a wide range of
conditions for most or all the cases reported in the majority of these studies. In the earliest
work on semi-continuous thermophilic digestion of cattle slurry in CSTR [18], the predicted
pH based on pCO2 matched the experimental values exactly (see Table S1). However, it
should be noted that experimental pH was only recorded to one decimal place (dp) in this
trial. Table 1 shows results for a study in which a thermophilic CSTR was fed on cattle
manure and whey as co-substrates, with gas supplied via a hollow fibre membrane (HFM)
module and H2 input as the main variable [40]. Values of a were derived for every case
(i.e., using reported average pCO2 and pH from each set of conditions tested as the baseline
values) and used to predict the corresponding pH in all cases. The lower part of Table 1
shows the absolute value of the difference between predicted and experimental pH. As
can be seen, Equation A gave a good fit both for each phase and across all experimental
conditions. Values of a based on the control reactor provided the best agreement throughout.
When a coefficient derived from the highest H2 input was used, this gave a slightly higher
RMSD, possibly reflecting the small accumulation of VFA seen under these conditions. A
high R2 value across a range of conditions tested, as seen here, is not an essential indicator
of good performance in all cases, since some experimental designs will show differences
between different phases. Yet, where it does occur, it provides additional confidence in the
predictive capacity of the equation.
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Table 1. Performance of Equation A for reported average values from Luo and Angelidaki [40].

(i) (ii) (iii) (iv) (v) (vi) RMSD R2

No H2 With H2 No H2 With H2 No H2 With H2

Temp ◦C 55 55 55 55 55 55 - -
OLR g VS L−1 day−1 1.67 1.67 1.67 1.67 1.67 1.67 - -
HRT days 15 15 15 15 15 15 - -

H2 input L L−1 day−1 0 0.93 0 1.44 0 1.76 - -
SMPtot L CH4 g−1 VS 0.275 0.407 0.271 0.478 0.287 0.515 - -

CH4 % 54.2 78.4 53.1 90.2 55.4 96.1 - -
TAN M n/r n/r n/r n/r n/r n/r - -
VFA M 0.002 0.004 0.002 0.012 0.002 0.038 - -
pH - 7.29 7.61 7.28 7.9 7.3 8.31 - -

pCO2 - 0.458 0.216 0.469 0.098 0.446 0.039 - -
a × 108 10.41 9.81 10.42 9.81 10.43 6.99 - -

Difference between experimental and predicted pH based on Equation A with coefficient a(x)
a(i) - - 0.02 0.00 0.02 0.00 0.12 0.06 0.997
a(ii) - 0.02 - 0.02 0.00 0.02 0.10 0.05 0.997
a(iii) - 0.00 0.02 - 0.02 0.00 0.12 0.06 0.997
a(iv) - 0.02 0.00 0.02 - 0.02 0.10 0.05 1.000
a(v) - 0.00 0.02 0.00 0.02 - 0.12 0.06 0.997
a(vi) - 0.16 0.13 0.16 0.12 0.16 - 0.15 1.000

n/r = not reported. Lower part of Table shows heat map with white = good, grey = reasonable, black = poor
agreement.

Similar levels of agreement were found in other studies using conventional single-
stage CSTR, examples are given in Tables S1–S9. Equation A also performed well where
stable operation was achieved in CSTR studies with the addition of carbon monoxide
(Tables S10–S12) or syngas (Tables S13 and S14). One favourable factor in some of these
trials may be the absence of very low pCO2 values due to the additional CO2 produced
from CO conversion, although CO can also be inhibitory at higher concentrations [31,41].

In 2-stage CSTR systems, good agreement was found under both mesophilic and
thermophilic conditions (see, e.g., Table S15). A long-term acclimatisation study in a ther-
mophilic 2-stage CSTR initially showed good agreement between predicted and measured
pH [42]. After two years of operation, agreement appeared to deteriorate: this was likely
associated with a raised VFA concentration recorded at the time, linked to the high pH and
low pCO2 value (see Table S16), and thus supports the usefulness of an equation taking VFA
into account. Good agreement for comparable periods of stable operation was also found
for other reactor types including AnMBR (Table S17), UASB (Table S18), AF (Table S19),
and trickling filter (Table S20), and in a 2-stage system consisting of a CSTR coupled to an
upflow reactor (Table S21).

Equation A also performed well when applied to pressurised systems. A 35-L mesophilic
CSTR fed on wastewater biosolids was operated at four different pressures [35]: after pCO2
was adjusted for the applied pressure, the experimental and predicted pH agreed well for all
but the initial lowest pressure (Table S22). No VFA accumulation was observed that might
account for this, but it is possible that other factors such as acclimatisation were involved. In a
trial of pulsed H2 addition, initial pressures were not reported but experimental and predicted
pH agreed well up to a H2/CO2 ratio of 8 [29]; deterioration above this may have been due to
changes associated with higher pressure and/or to VFA accumulation (Table S23). In another
pulsed H2 trial, initial values corrected for pressure showed good agreement [28]; other results
were difficult to interpret due to uncertainty over the timing of different measurements (see
Table S24a,b). Another study with headspace pressurisation [33] showed good agreement
within phases, although pH was only reported to 1 dp and there was relatively little variation
in pCO2 values trial (see Table S25).

Where agreement between experimental and predicted pH values was less good,
the reasons for this were often clear. One common issue was VFA accumulation. In a
study of mesophilic and thermophilic digestion of cheese whey, significant swings in VFA

291



Processes 2023, 11, 113

concentration were encountered, and various buffering strategies were adopted to control
them [43]. Equation A gave only reasonable agreement, reflecting changing conditions
between the different phases (Table S26). Thermophilic digestion of ensiled ryegrass was
successfully achieved [44], but the VFA accumulation observed during periods of H2
addition likely accounted for the poor agreement between predicted and experimental pH
(see Table S27).

In some cases, there were apparent discrepancies in the data or results that could
account for the poor agreement. In a study of mesophilic CSTR digestion of mixed sewage
sludge [30], the pH in control and experimental digesters differed by 0.22 units during
the start-up phase, before any H2 addition had occurred, making comparisons with other
phases problematic (Table S28). pH values also showed quite high standard deviations dur-
ing this trial, perhaps reflecting the use of online measurement and/or variability between
batches of feedstock. A study of mesophilic food waste digestion with pressurisation and
H2 addition used calculated pH values [37]; but these appeared to be incorrect, perhaps
due to the use of acid dissociation and Henry’s Law constants for 25 ◦C rather than for
the operating temperature of 37 ◦C. However, when Equation A was applied ‘in reverse’
using baseline values from the pH calculations, it gave a much better agreement between
predicted and measured pCO2 (see Tables S29a,b).

In other cases, potential explanations remained speculative in the absence of support-
ing data. Digestion of ethanol distillery wastewater in a mesophilic AnMBR [55] showed
poor agreement between predicted and experimental pH values in almost all conditions
tested, although VFA accumulation was only seen at the highest H2 loading (Table S30).
However, the reactor was operated without sludge wastage, which could have caused
changes in TAN or other unreported parameters during the experimental period.

Very few cases were found where there was no clear reason for poor agreement. In
one study of a 2-stage mesophilic CSTR processing cattle manure and food waste, with H2
injection in the second stage and gas recirculation between stages, pH reportedly fell on H2
addition (Table S31). However, no factors accounting for this were identified [36].

In general, analysis of the data was able to demonstrate convincingly that Equation A
performed very well whenever conditions were relatively stable and without major shifts
in TAN or VFA concentrations; while also providing evidence to support the usefulness
of an equation able to take changes in these parameters into account. Some general
and methodological issues and the insights obtained from them are further discussed in
Section 4.1 below.

3.2. Application of Equation B to the Literature Data

Equation B was designed to take account of the effect of digestate TAN and VFA
concentrations. However, the majority of studies examined had no data on TAN and in
many cases only limited details of VFA content, e.g., as total VFA without speciation or
expressed in terms of Chemical Oxygen Demand (COD) or acetic acid (Hac) equivalent.
Ten studies by other groups were found which had suitable data on both TAN and VFA,
and these were used to compare the relative performance of the two equations.

Application of Equation B did not always show a clear improvement over Equation
A, either because Equation A already gave good agreement and there was little change
in VFA or TAN during the trials (see Tables S1, S3, S7 and S17), or because HCO3

- and
NH4

+ remained the main buffering pair despite the presence of VFA (Table S5); or because
of other issues with the data or results (Tables S14, S22 and S28). Table 2 shows results
from [46] where Equation B was able to improve estimated pH by up to 0.06 units, bringing
case (iv) into the good agreement range. This and other examples of improvement can
be seen in Tables S3, S4, S32 and S33. In general, the results showed that Equation B
performed well, and merited further testing against datasets with more striking changes in
VFA and/or TAN concentrations.
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Table 2. Performance of Equations A and B for reported average values from Wahid and Horn [46].

(i) (ii) (iii) (iv) (v) (vi) (vii) RMSD R2

Phase 1 2 3a 3b 3c 3d 3e
H2/CO2 0 2 4 4 4 4 4

Mixing Rpm 80 80 80 120 140 170 200 - -
Temp ◦C 55 55 55 55 55 55 55 - -
OLR g VS L−1 day−1 3.09 2.69 2.30 2.36 2.19 2.37 2.32 - -
HRT Days 20 20 20 20 20 20 20 - -

H2 input L L−1 day−1 0.0 0.8 1.6 1.7 1.7 1.7 1.7 - -
SMP total L CH4 g−1 VS 0.217 0.246 0.305 0.331 0.411 0.321 0.315 - -

CH4 % 62.2 37.8 31.6 38.3 40.3 41.9 40.2 - -
TAN M 0.10 0.11 0.13 0.15 0.14 0.14 0.14 - -
VFA M 0.005 0.006 0.008 0.011 0.012 0.016 0.015 - -
pH - 7.86 8.07 8.25 8.37 8.41 8.43 8.41 - -

pCO2 - 0.378 0.207 0.137 0.124 0.119 0.116 0.120 - -
a × 108 - 2.85 2.82 2.43 1.81 1.63 1.56 1.62 - -
b × 108 - 0.255 0.277 0.278 0.233 0.193 0.162 0.171 - -

Difference between experimental and predicted pH based on Equation A with coefficient a(x)
a(i) - - 0.00 0.05 0.14 0.17 0.18 0.17 0.14 0.949
a(ii) - 0.00 - 0.05 0.13 0.16 0.18 0.16 0.13 0.966
a(iii) - 0.06 0.05 - 0.09 0.12 0.13 0.12 0.10 0.978
a(iv) - 0.16 0.14 0.09 - 0.03 0.04 0.03 0.10 0.955
a(v) - 0.19 0.17 0.12 0.03 - 0.01 0.00 0.12 0.956
a(vi) - 0.21 0.19 0.13 0.04 0.01 - 0.01 0.13 0.958
a(vii) - 0.19 0.18 0.12 0.03 0.00 0.01 - 0.12 0.957

Difference between experimental and predicted pH based on Equation B with coefficient b(x)
b(i) - - 0.03 0.03 0.03 0.08 0.12 0.11 0.08 0.853
b(ii) - 0.03 - 0.00 0.05 0.10 0.15 0.13 0.09 0.940
b(iii) - 0.03 0.00 - 0.05 0.10 0.15 0.13 0.09 0.963
b(iv) - 0.03 0.06 0.05 - 0.05 0.10 0.08 0.07 0.941
b(v) - 0.10 0.11 0.11 0.05 - 0.05 0.03 0.08 0.929
b(vi) - 0.16 0.17 0.16 0.10 0.05 - 0.01 0.12 0.947
b(vii) - 0.14 0.15 0.14 0.09 0.03 0.01 - 0.11 0.942

n/r = not reported. Lower part of Table shows heat map with white = good, grey = reasonable, black = poor agreement.

3.3. Application of Equations A and B to Multi-Point Data

This part of the work was carried out to test the performance of Equations A and B
with multi-point data series.

The original study that derived Equation A [6] included datasets from mesophilic CO2
biomethanisation of food waste and from a short-term study with sewage sludge. These
were re-analysed to include more datapoints and provide additional information. The
results are shown in Figure 1a–d, and it can be seen that Equation A performed well in both
cases. For sewage sludge the correlation coefficient R2 was 0.991 with n = 49 (increased
from 30 in [6]), p < 0.000, and RMSE 0.03. For food waste digestion the equivalent values
were R2 = 0.880, n = 299 (increased from 242), p < 0.000, and RMSE 0.07 indicating that
most points met the good criterion: this was despite a rise in VFA concentrations when
pCO2 briefly fell below 9% [6]. The food waste digestion study included some TAN and
VFA data, and Equations A and B were also applied to points where VFA measurements
were available, using interpolated TAN values where necessary. However, as TAN in
this experiment was around 100 times higher than VFA on a molar basis, there was little
difference between the two equations (see Figure A1 in Appendix A).
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Figure 1. Experimental pCO2 and pH values and predicted pH from Equation A for mesophilic
CO2 biomethanisation of sewage sludge (a,b) as reported in [6]; mesophilic CO2 biomethanisation of
industrial food waste (c,d) as reported in [6]; and thermophilic CO2 biomethanisation of cattle manure
(e,f) as reported in [40]. Numerical datasets were kindly provided by the authors in each case.

Several researchers kindly provided additional information in the form of experimental
data series from published works [17,32,39,40,50–53]. These studies were designed to test
a variety of factors, so the available data were not always ideal for the current purpose:
parameters such as pH and pCO2 were not necessarily measured frequently or on the same
day [32,53], or only were reported to 1 dp [40]. Data points were sometimes unevenly
distributed, with a lack of results at high, intermediate, or low pCO2 [17,32,51]. TAN
and VFA concentrations were not always monitored, and when available were usually
measured less frequently than pH and pCO2, limiting the amount of data suitable for use
with Equation B. In two cases, further processing was carried out to increase the number of
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data points available, by interpolation between measured pCO2 values [32] and by using
modelled TAN concentrations [39].

Of the eight additional datasets considered, four showed poor agreement between
experimental and predicted pH values based on Equation A [17,39,50,53], in part at least
for some of the reasons mentioned above. The other four showed better agreement, with
R2 values between 0.80–0.86. Figure 1e,f shows results for numerical data from the work
of Luo and Angelidaki [40]: in this case Equation A gave a reasonable fit (R2 = 0.83,
n = 60, p < 0.000; RMSE = 0.12) for thermophilic CSTR digestion of cattle manure and
whey at three H2 loading rates across a range of pCO2 values between 0.02–0.26. Results
for data from mesophilic digestion of pig manure by Zhu et al. [51,52] were R2 = 0.85,
n = 55, p < 0.000, RMSE = 0.10; and from 2-stage mesophilic and thermophilic digestion
of cattle manure by Bassani et al. [32] were R2 = 0.82, n = 32, p < 0.000, RMSE = 0.10 and
R2 = 0.869, n = 40, p < 0.000, RMSE = 0.13, respectively. Graphs for these studies are given
in Appendix A Figures A2–A6.

Four of the additional datasets included some data on TAN and VFA, but in each
case, the application of Equation B was challenging. A further study on thermophilic co-
digestion of cattle manure and whey by Luo and Angelidaki [17] had very few data points
at high pCO2 (Figure A5). TAN was measured only once in each phase, and molar VFA
concentrations occasionally exceeded the average TAN value, making Equation B inapplica-
ble for these points. In data on CO2 biomethanisation of pig manure by Zhu et al. [50–52],
Equation A had shown good results for mesophilic conditions, but TAN measurements
were only available for the first part of this run (Figure A6a,b). Agreement in thermophilic
conditions was poor, although there was a modest improvement in R2 when TAN and
VFA were included using Equation B (Figure A6c,d). Using VFA data and modelled TAN
values from a further study on cattle manure and whey by Lovato et al. [39] also produced
a slight improvement in R2, but in some cases, VFA concentrations exceeded the estimated
TAN values, and neither Equation A nor B gave good agreement between predicted and
experimental pH (see Figure A4).

Two further studies with some TAN and VFA data were available from experiments
using a synthetic feedstock containing phosphates [6,23]. In one of these [23], the OLR was
adjusted by changing the feed concentration and thus TAN and other parameters. Equation
A gave a good correlation (R2 = 0.91) between predicted and experimental pH values,
but with the predicted curve offset from the experimental data (Figure 2a). Tao et al. [6]
showed that a modified approach taking account of the effect of phosphate buffering could
reduce this discrepancy, but it was not possible to adapt this approach for Equation B as
TAN values were already used in the phosphate adjustment. However, when Equation B
was applied without any phosphate correction, it also gave a considerable improvement.
Figure 2a, b shows measured and predicted pH values based on Equation A, Equation B,
and the phosphate adjustment for one replicate digester at OLR 3 g COD L−1 day−1. It
can be seen that the phosphate adjustment increased the correlation coefficient and shifted
the predicted pH closer to the experimental values, improving the RMSE from poor to
good. Equation B (with no phosphate correction but adjusted for TAN and VFA) gave
slightly a lower R2 value than the phosphate adjustment, but a similar improvement in
RMSE. Table 3 shows a heat map of the difference between predicted and experimental pH
values using Equation A, Equation B, and the phosphate adjustment, for each phase of the
experiment at OLR 3 g COD L−1 day−1. Both Equation B and the phosphate adjustment
were able to reduce some discrepancies although neither were able to eliminate poor
results in phase 3. Table S34 gives equivalent results for all OLR in the trial with additional
statistical parameters, while Figures S2–S5 show the data series graphically: it can be
seen that in general both approaches performed very well, and comparison between them
can help to elucidate the relative importance of phosphate buffering, and TAN and VFA
concentrations in each case.
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Figure 2. Experimental pCO2 and pH values and predicted pH from Equations A and B for mesophilic
CO2 biomethanisation of phosphate-containing synthetic feed at OLR 3 g COD L−1 day−1 (a,b) as
reported in [23], and for TAN concentration 3 g N L−1 (c,d) as reported in [6]. Numerical data was
kindly provided by the authors.

Table 3. Performance of Equations A and B and phosphate adjustment for data from Tao et al. [23].

OLR 3 (i) (ii) (iii) (iv) (v) (vi) RMSD R2

Phase 1 2 3
No H2 No H2 With H2 With H2 H2 + CO2 H2 + CO2

Temp ◦C 37 37 37 37 37 37 - -
OLR g VS L−1 day−1 3 3 3 3 3 3 - -
HRT days 15 15 15 15 15 15 - -

H2 input L L−1 day−1 0.0 0.0 2.9 2.9 2.9 7.4 - -
SMPtot L CH4 g−1 VS 0.287 0.289 0.496 0.490 0.452 0.804 - -

CH4 % 50.0 50.1 93.7 90.9 75.0 76.6 - -
TAN M 0.075 0.074 0.045 0.045 0.049 0.044 - -
VFA M 0.000 0.000 0.001 0.002 0.007 0.006 - -
pH - 7.34 7.35 8.00 7.93 7.82 7.81 - -

pCO2 - 0.474 0.473 0.040 0.046 0.071 0.077 - -
a × 108 - 9.29 9.23 22.08 23.03 19.45 18.67 - -
b × 108 - 0.69 0.68 0.97 1.00 0.81 0.70 - -
Temp ◦C 37 37 37 37 37 37 - -
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Table 3. Cont.

OLR 3 (i) (ii) (iii) (iv) (v) (vi) RMSD R2

Difference between experimental and predicted pH based on Eqn A with coefficient a(x)
a(i) - - 0.00 0.32 0.35 0.29 0.27 0.28 0.995
a(ii) - 0.00 - 0.33 0.35 0.29 0.28 0.28 0.996
a(iii) - 0.37 0.37 - 0.02 0.05 0.07 0.24 1.000
a(iv) - 0.39 0.39 0.02 - 0.07 0.09 0.25 0.998
a(iv) - 0.31 0.32 0.05 0.07 - 0.02 0.20 0.998
a(vi) - 0.30 0.30 0.06 0.08 0.02 - 0.19 0.998

Difference between experimental and predicted pH based on Equation B with coefficient b(x)
b(i) - - 0.01 0.13 0.14 0.06 0.00 0.09 0.980
b(ii) - 0.01 - 0.14 0.15 0.07 0.01 0.10 0.979
b(iii) - 0.14 0.15 - 0.01 0.07 0.13 0.11 0.983
b(iv) - 0.16 0.17 0.01 - 0.09 0.15 0.13 0.990
b(iv) - 0.06 0.07 0.07 0.08 - 0.06 0.07 0.987
b(vi) - 0.00 0.01 0.13 0.14 0.06 - 0.09 0.997

Difference between experimental and predicted pH for Equation A with a(x) and phosphate adjustment
Period (i) - - 0.01 0.05 0.07 0.06 0.01 0.05 0.993
Period (ii) - 0.01 - 0.06 0.08 0.07 0.01 0.06 0.993
Period (iii) - 0.06 0.07 - 0.01 0.00 0.05 0.05 0.995
Period (iv) - 0.09 0.10 0.03 - 0.02 0.07 0.07 0.996
Period (iv) - 0.07 0.08 0.01 0.01 - 0.06 0.06 0.997
Period (vi) - 0.01 0.02 0.04 0.06 0.05 - 0.04 0.999

n/r = not reported. Lower parts of Table show heat map with white = good, grey = reasonable, and black = poor agreement.

The second set of experiments using the same synthetic feed was carried out at
controlled TAN concentrations [6]. At TAN 3 g N L−1, the pH was mainly affected by
ammonia, and the effect of the phosphate adjustment was small (see Supplementary Mate-
rials in [6]). The dataset of points in this experiment with measured VFA concentrations
were re-analysed, using interpolated TAN values where necessary: results for 3 g N L−1

are shown in Figure 2c,d. It can be seen that Equation B gave a significant improvement
in fit (R2 = 0.919) compared to Equation A (R2 = 0.702, with n = 54 and p < 0.000 in both
cases). Table S35 shows heat maps for results from Equation A using average values for
each phase, while Figures S6–S9 present the data series graphically: the majority of results
were in good agreement, and the two trials thus provided a powerful demonstration of the
equations across a range of TAN concentrations.

It is also noteworthy that the datasets in both studies using this feedstock contained
some extreme/outlying points, including values from the first days of digester operation
before feeding was stabilised, and well before any H2 addition: these correspond to points
with high pCO2 and low pH in Figure 2a,c. Thus, these results are interesting as they indi-
cate Equation B can be used for pH prediction under a wide range of conditions, not only
for the purposes of controlling H2 addition in CO2 biomethanisation. These two studies
represent a special case, as in real organic feedstocks buffering capacity is normally pro-
vided mainly by the bicarbonate-ammonium pair. The results clearly demonstrate the value
of taking VFA and TAN into consideration.

Analysis of the multi-point datasets therefore gave further clear evidence of the validity
of Equation A. The additional datasets obtained from other groups did not provide a
completely satisfactory demonstration of Equation B, in part because the studies considered
were not designed for this purpose; although the results from these and from the data of
Tao et al. [6,23] strongly indicated the potential of an equation able to take VFA and TAN
into account, and confirmed the need for further experimental data.

3.4. Experimental Trial of H2 Addition to Induce Digestion Instability
3.4.1. Digestion Performance

During the period of operation under uniform conditions between days 0–54, mon-
itoring parameters for all digesters were in good agreement, as can be seen in Figure 3.

297



Processes 2023, 11, 113

Average values for this period are given in column (i) of Table 4. Note that specific methane
production (SMP) is expressed as total CH4 produced per unit of organic feed VS, including
any CH4 from added H2: on days without organic feed SMP values are omitted.

Figure 3. Values for (a) biogas CO2 content, (b) pH, (c) total VFA, and (d) SMP in digesters D1−8
during the whole experimental period. Vertical dotted lines indicate the start of H2 addition on day
55 and the re-establishment of full OLR in all digesters on day 87.

Table 4. Average values of monitoring parameters in D1-8 from different periods of stable operation
during the experimental period.

(i) (ii) (iii) (iv)

Before H2 Addition Baseline Period 1 Baseline Period 2 After
Recovery

Day 0–54 Day 0–24 Day 25–54 Day 110–125

pH - 7.50 ± 0.04 7.48 ± 0.04 7.50 ± 0.04 7.46 ± 0.04
TAN M 0.131 ± 0.005 0.128 ± 0.004 0.134 ± 0.003 0.133 ± 0.004

Total VFA M 0.008 ± 0.005 0.006 ± 0.005 0.010 ± 0.004 0.006 ± 0.003
TA g CaCO3 L−1 9.38 ± 0.32 9.26 ± 0.34 9.51 ± 0.22 9.37 ± 0.28
PA g CaCO3 L−1 6.33 ± 0.25 6.20 ± 0.18 6.46 ± 0.22 6.40 ± 0.23
IA g CaCO3 L−1 3.05 ± 0.24 3.05 ± 0.30 3.05 ± 0.17 2.97 ± 0.15
TS %WW 3.86 ± 0.11 3.85 ± 0.11 3.88 ± 0.12 3.88 ± 0.07
VS %WW 2.59 ± 0.09 2.59 ± 0.08 2.58 ± 0.09 2.60 ± 0.06

SMP L CH4 g−1 VS 0.358 ± 0.017 0.355 ± 0.017 0.360 ± 0.017 0.322 ± 0.027
pCH4 - 0.616 ± 0.008 0.617 ± 0.009 0.616 ± 0.008 0.620 ± 0.009
pCO2 - 0.365 ± 0.009 0.362 ± 0.010 0.367 ± 0.008 0.369 ± 0.008

Values after ± give standard deviation for data from all eight digesters.

From day 55 onwards, digesters were operated in pairs and received H2 addition at the
following rates: D1 and 2 0.81, D3 and 4 1.58, D5 and 6 2.34, and D7 and 8 2.82 L H2 L−1 day−1,
corresponding to a nominal 24%, 48%, 70%, and 85% of the stoichiometric H2 requirement for
conversion of CO2 in the produced biogas and to additional COD loadings of 0.58, 1.13, 1.67,
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and 2.01 g COD L−1 day−1, respectively. These rates of addition were intentionally selected to
exceed the anticipated conversion capacity of the digesters in the described operating mode,
especially without acclimatisation [18].

As expected, the introduction of excess H2 led to a rapid fall in pCO2 (Figure 3a)
accompanied by a rise in pH (Figure 3b), VFA accumulation (Figure 3c), and a fall in
volumetric methane production (VMP) and in SMP (Figure 3d). In D1 and 2, and D3 and
4, H2 addition rates were maintained until day 70 apart from a brief reduction in D1 on
days 65–66. However, there were clear signs of continuous VFA accumulation, along with
a decline in SMP (Figure 4c,d). H2 addition to these digesters was stopped on day 71. In
D5, D7, and D8, the initial rate of H2 addition was maintained until day 61, by which
time the pH had reached 8.61, 8.71, and 8.39 with total VFA concentrations of 6.0, 4.7, and
5.4 g COD L−1, respectively. Addition rates for H2 and organic feed were varied over
the next few days (details in the experimental dataset) but any signs of recovery were
temporary, and H2 addition was stopped completely on days 74, 70, and 72, respectively.
D6 initially showed a slightly lower rate of pH rise and VFA accumulation than D5, and
H2 addition continued until day 66: at this point, the pH had reached 8.6 with a total VFA
concentration of 5.3 g COD L−1. H2 and organic loading rates were varied over the next
few days, but without lasting recovery and H2 addition to D6 was stopped on day 71.
After H2 addition ceased pH and VFA concentrations gradually stabilised, by day 87 the
full organic loading of 3.87 g VS L−1 day−1 was resumed in all digesters. The operation
continued until day 125 with less frequent monitoring until the end of the period, when
parameters were again measured to provide baseline values after stabilisation. Average
values for this period are shown in column (iv) of Table 4 and were close to those found at
the start of the trial, indicating good stabilisation.

Figure 4. Cont.
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Figure 4. (a–h) VFA profiles between day 55−100 in digesters D1−8. All digesters initially received
H2 from day 55: vertical dotted lines indicate the start and end of subsequent periods of H2 addition
in each digester. Note the difference in y-axis scales for D1−4 and D5−8.

3.4.2. VFA Profiles

Figure 4 shows VFA speciation for the digesters between days 55 and 100. Following
the start of H2 injection on day 55, propionic acid accumulation occurred at similar rates in
all digesters. This was expected considering the high H2 partial pressures, which made
one of the main propionate degradation pathways, to acetate, H2, and bicarbonate/CO2,
thermodynamically unfavourable [61]. The average propionate accumulation rate was
100 mg L−1 day−1 for D1–4 over the 16 days of H2 injection, and 140 mg L−1 day−1 for
D5–8 for the first 6 days of the period. Increases in acetic acid concentrations more closely
reflected the difference in H2 injection rates, with D1 and 2 apparently showing little change
in acetic acid while the average rate of acetic acid accumulation in D7 and 8 during the
initial six days of H2 injection was 310 mg L−1 day−1. This is likely to have been due to
homoacetogenesis occurring under high H2 partial pressure.

During H2 addition pH in D1–4 did not show such a marked rise as in D5–8, with
measured values remaining below 7.9; whereas propionic acid concentrations continued to
increase even after H2 addition ceased. This indicated that the degradation of organic feed
in D1–4 might also be blocked, although not as severely as in D5–8. Since sampling and pH
measurement was conducted at the end of each daily feeding cycle, it is possible that pH
values at some point during the cycle were higher than at the end, as reported in [6], and
that this was responsible for the apparent blockage. This temporary unfavourable pH may
also have caused partial inhibition of organic feed degradation during the 16 days of the
H2 injection period.

The VFA profile in D7 differed slightly from that in the other digesters, showing a
fall in VFA concentrations when H2 addition was paused on day 61, accompanied by a
two-day gap in organic feeding followed by two days at reduced OLR. However, after OLR
was restored and H2 was reintroduced on day 67, propionate accumulation began and
continued as in the other digesters even after H2 addition ceased on day 70. Other VFA
species also accumulated and then declined in all digesters in roughly the same order (see
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Figure 5), with iso-valeric, n-butyric, and iso-butyric plateauing at around 0.5 g COD L−1

in most case until propionate concentrations started to fall.

Figure 5. Experimental pCO2 and pH values and predicted pH from Equations A and B in digesters
D2 (a,b), D4 (c,d), D6 (e,f), and D8 (g,h) during mesophilic anaerobic digestion of sewage sludge at
varying H2 addition rates.
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3.5. Application of Equations A and B to Experimental Data

As with the previous analysis of multi-point data series, values from the experimental
work were used to evaluate the performance of Equations A and B. The dataset used
consisted of points for which measured pH, pCO2, and VFA concentrations were available,
with linear interpolation of TAN values where required. Day 0–24 was initially defined as
the baseline period, and average values from this (shown in column (ii) in Table 4) were
used to calculate the coefficients for Equations A and B. The two equations were then
applied to the data for days 25–100.

Experimental pCO2 and pH and predicted pH values in D2, D4, D6, and D8 are shown in
Figure 5, with equivalent graphs for D1, D3, D5, and D7 in Figure A7 in Appendix A. Coefficient
values for Equations A and B and statistical data for all digesters are given in Table 5.

Table 5. Coefficient values and statistical parameters from the application of Equations A and B to
data series from day 25–100 of experimental work.

R2 Slope Int’cept RMSE

a × 108 b × 108 n Equation
A

Equation
B

Equation
A

Equation
B

Equation
A

Equation
B

Equation
A

Equation
B

D1 8.29 0.962 50 0.513 0.877 0.492 0.856 3.86 1.09 0.06 0.04
D2 8.85 1.052 51 0.663 0.859 0.663 1.083 2.56 −0.64 0.05 0.04
D3 8.70 1.043 51 0.774 0.937 0.915 1.000 0.68 0.02 0.08 0.04
D4 8.45 1.023 50 0.758 0.934 0.829 0.946 1.34 0.43 0.08 0.04
D5 8.87 1.103 47 0.778 0.968 0.812 0.928 1.54 0.52 0.18 0.07
D6 9.18 1.118 50 0.917 0.962 0.895 0.972 0.82 0.17 0.08 0.06
D7 8.96 1.134 46 0.950 0.973 0.935 0.967 0.54 0.21 0.07 0.06
D8 8.35 1.039 45 0.772 0.956 0.919 1.062 0.69 -0.50 0.14 0.07

Note: n = number of datapoints used (i.e., where measured values were available for pCO2, pH, and VFA with
TAN interpolated where required). Results from regression analysis were significant in all cases (p < 0.0001).

A fairly wide range of conditions occurred during the trial, with pCO2 values ranging
from 0.41 to 0.01, pH from 6.7 to 8.7, TAN from 1.6 to 2.1 g N L−1, and VFA concentrations
of up to 11.2 g COD L−1. Equation A provided a good fit to the experimental data during
stable operation but was less able to predict pH accurately in the period of instability during
and after H2 addition when VFA concentrations were high and varying. This resulted in
poor correlation coefficients (R2 < 0.8) in most cases (Table 5). In contrast, the performance
of Equation B was good, with R2 values ranging from 0.859 to 0.973. In comparison with
Equation A, the use of Equation B gave a marked improvement in the correlation coefficient
and the RMSE for experimental versus predicted data in each case and for each replicate
(see Table 4). This improvement was particularly clear in D1-5 and D8, whereas in D6 and
D7 Equation A also gave relatively good results. Equation B also appeared to give a slight
improvement in the slope and intercept values for graphs of predicted versus experimental
pH, although the difference in slope was only significant at the 5% level in D1 and D2. In
all cases the RMSE value using Equation B was <0.1, indicating that it was able to provide
a reliable prediction of digester pH based on pCO2 even in periods of rapidly changing
VFA content.

As a further indication of the robustness of these equations, it can be seen from Table 4
that values for a and b obtained from the baseline period were very close for all eight
reactors: substitution of the relevant coefficient from another digester made only a minimal
difference to the results or to the statistical parameters shown. As an additional check,
values for coefficients a and b were calculated for alternative baseline periods from day
25–54, and from day 110–125 after the final stabilisation of the digesters, based on the
data in columns (iii) and (iv) of Table 3. The calculated values were closely similar to
those in Table 4, and use of them again had very little impact on the performance of
Equations A and B. Data points between days 110–125 were not included in the analysis
shown in Table 4 and Figure 5 because of a lack of measured values for TAN in the later
part of the trial. Yet, inclusion of these points using interpolated TAN values also caused
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only minor changes in R2 and RMSE (details in the experimental dataset). Equation B was
thus shown to be both robust and effective even in conditions of operational instability.

As noted above, in digestion of organic wastes the main buffer pair is usually HCO3
−

and NH4
+, with VFA− and NH4

+ only secondary. The strategy of excess H2 addition
was very effective in pushing up VFA concentrations to create conditions of temporary
instability in the digesters for testing Equation B. While the dataset would have been
strengthened by more TAN measurements in the latter part of the experimental period, the
trial was thus very successful in demonstrating both the impact of short-term changes in
pCO2 and VFA on digester pH; and the potential value of Equation B as a tool for process
control and management in unstable operating conditions.

4. Discussion
4.1. Methodological Issues with Data in Literature Studies

The relationship between pCO2 and pH described in Equation A was shown to work
consistently and with a high predictive capability when applied under stable operating
conditions. In circumstances where changes in VFA or TAN concentrations occurred,
Equation B was shown to work well both for the majority of the datasets analysed, and
for the dedicated experimental work in which digester stability was tested to a point of
process failure. Some results were found in data from reported studies where the equations
did not give reliable results; however, it is important to try and understand why these
cases occurred. The first point to note is that the analysis presented used data from all
relevant published studies on in-situ CO2 biomethanisation: it did not attempt selectively
to discount datasets that did not show good agreement or to dismiss reactor types or
methodologies that did not conform to typical norms. It is also important to remember that
the studies considered were not specifically designed for the current purpose. As a result of
these factors, there were some issues with the available data for methodological and other
reasons: parameters of interest were not always measured, or not measured frequently
enough, or were reported in unsuitable units, or omitting relevant details of sampling or
operational conditions. Examples include experiments where H2 was added by headspace
injection (see Tables S23–S25): interpretation of data from these could be challenging, as it
was not always clear whether reported pH and gas composition values were measured at
the same time, while headspace pressures could have varied both between treatments and
during a trial.

Many studies reported average values for a given phase or set of conditions, but
these could be misleading, especially when there is considerable variation during a phase.
Equation A gave poor agreement when applied to average values reported in [47]. However,
if the results were recalculated using the final data points, good agreement was achieved
(see Table S9). Values for individual data points may thus be preferable, while the use of
data series also allows the assessment of variability.

In some studies, pH was controlled by chemical addition during some or all of the
experimental period [34,48,58,62], making the data difficult or unsuitable for use in this work.

In some cases, agreement between the first and subsequent phases was poor, but
improved after phase 1 (see, e.g., Tables S20, S22 and S25). This may simply reflect initial
acclimatisation, especially if the first phase was short; although there is also an intriguing
possibility that differences could be due to changes in gas circulation and mixing. In
some studies that used gas bubblers or diffusers, there was apparently no gas recirculation
in the control digester or period [23,44]; whereas there is clear evidence that changes in
recirculation or mixing rates can affect performance and operating parameters [17,36,46].

Despite such issues, the available data allowed a clear demonstration of performance
of the equations in each case while providing some interesting insights on practical require-
ments for this type of research.
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4.2. General Research-Related Issues

The derivation of Equation A assumes that most baseline parameters remain applicable
throughout the operating period, and changes in pH are driven primarily by pCO2. As
both the literature data and the experimental results showed, in practice this is not always
so. Changes may occur over short periods, as in the current study where excess H2 induced
rapid VFA accumulation, or, as a result of longer-term processes such as washout and
acclimatisation. CO2 biomethanisation studies are often not run under the same conditions
for three HRT for each phase or during start-up (see e.g., [31,49,51,60]). This is a reasonable
approach where the main aim is to assess gas transfer and utilisation or changes in the
microbial community, which happen on relatively rapid timescales. Yet, the stabilisation
of digestate parameters can take longer and may appear as a drift in values between
phases. For example, when tested on data from mesophilic cattle slurry digestion in a 140-L
helically-mixed CSTR [38], Equation A gave good results (Table S8). However, there was a
slight downward trend in agreement through the trial, which might have been associated
with incremental shifts in TAN or VFA during acclimatisation, since the total duration for
all phases was around 2.5 HRT. Unfortunately, these parameters were not reported.

Experimental design is an important factor here. Changes in baseline values during a
trial due, e.g., due to acclimatisation or feedstock variability may be easy to distinguish
where there is a control reactor. If TAN and/or VFA changes in the same way in both
control and experimental reactors then agreement within each phase may be good, even if
that between phases is not (e.g., Table S25). However, the identification of such changes is
more difficult when different conditions are run in series without controls.

There may also be specific reasons for differences in TAN between control and exper-
imental digesters within a phase, such as changes in microbial biomass associated with
growth in the hydrogenotrophic methanogenic population during in situ CO2 biomethani-
sation [23], or toxicity effects from syngas or other inhibitors. These effects may help to
explain patterns where agreement across several phases is good for control reactors but
poor for experimental ones (e.g., Table S36). In such cases, results from control digesters do
not resolve the problem, although it may still be possible to observe trends in the results.

The original studies by Luo et al. [17,18,40,41] were run with control reactors, at
relatively short HRTs of 15 days, in conditions that allowed steady stable operation, and
therefore produced good agreement in all cases: see Tables S1, S2, S3 and S10. Studies of
this type can give high R2 values for prediction across multiple conditions but, as noted
earlier, this is not a requirement for demonstrating the good performance of the equations
tested if there are other reasons for variability across phases.

Several of the above examples add further support to the practical value of an equa-
tion that can deal with changes over both long and short timescales. The present work
demonstrated that Equation B was able to deal with acute short-term changes, such as
the rapid VFA accumulation in the current trial. It could also accommodate longer-term
changes and shifts in TAN: the evidence for this is slightly more tentative due to the relative
scarcity of datasets with TAN measurements but can be seen, e.g., in Tables S7, S22, S34
and S35. Equation B also performed well when there were changes in both TAN and VFA
(e.g., Tables S4 and S32). As noted above, Equation B is thus applicable in cases where pH is
affected by other factors in addition to changes in pCO2 induced by CO2 biomethanisation.

4.3. Considerations for Large-Scale Operation

In this work pCO2 values from literature and experimental data were used to predict
pH, and the results were then compared with reported pH values. pH was selected as
the output because this is widely used as an indicator of stability in day-to-day operation.
However, the same relationships can of course be used to predict pCO2 from pH, and
monitoring of either parameter in conjunction with the use of these equations could thus
provide a useful basis for process control in CO2 biomethanisation.

Equation A allows calculation of pH values from two parameters (digester temperature
and pCO2), with a further two (TAN and VFA) required for Equation B. Calibration can
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be achieved by measurement of these parameters under one set of conditions, which does
not necessarily have to be baseline operation (e.g., without H2 addition in the case of
CO2 biomethanisation), as long as these are representative of a stable operating mode. In
contrast, alternative models to predict pH such as ADM1 [63] generally require a large
number of input values for calibration. These more complex models also predict many other
performance and stability parameters, but their use in real-time control is still uncommon,
although interest in this application is expanding [20,22].

Variations in the feedstock can cause changes in total Kjeldahl nitrogen and TAN, and
while these can be controlled in laboratory experiments they also affect commercial AD
plants [20]. Even with relatively consistent feedstocks such as sewage sludges, biosolids
concentration may vary over time as a result, e.g., of changes in dewatering practices.
AD operators at WWTW can accommodate this by changing the applied OLR or HRT if
required, but TAN concentrations will still vary and may affect the ammonium-bicarbonate
equilibrium, pCO2 and pH and thus the coefficients for Equation A and B. At commercial
sites with a single digester, operation without a ‘control’ reactor represents the normal
situation: these sites may also have less staff time available for digester management, so
simple robust process control systems for CO2 biomethanisation are likely to be particularly
valuable in this case [21]. At multi-digester sites it may be possible to process all of the
biogas generated on the site in one digester retrofitted for CO2 biomethanisation [6]; in this
case the performance of other digesters could provide control data indicating any changes
due, e.g., to feedstock variation.

Use of a relationship which takes account of the effect of changes in TAN and VFA
concentrations may appear to require increased monitoring compared to current practice
at many AD plants [27]. However, as noted earlier, the objective in full-scale operation is
normally to remain within an envelope of safe operating conditions. As Equations A and B
are equivalent when no VFA is present, Equation A can be used when conditions are stable.
Analysis for TAN and VFA is relatively straightforward, and in normal circumstances TAN
values do not change very rapidly. Monitoring of additional parameters can therefore
be performed infrequently or not at all when an operation is stable, and introduced or
stepped up only if some disturbance makes this necessary, meaning the requirement for
more parameters need not be burdensome [21].

No detailed analysis was made to compare the values of coefficients a or b derived
for different sets of feedstocks or operating conditions. However, it is interesting to
note that four studies on thermophilic (55 ◦C) CSTR digestion of cattle manure obtained
from three different sources gave values for a of around 2–3 × 10−8 when operating
stably (Tables S1, S15, S16 and S32); values for mesophilic (37 and 40 ◦C) operation were
slightly higher at around 5–6 × 10−8 (Tables S8 and S15). Three independent studies
of sewage sludge digestion in mesophilic (37 ◦C) CSTR gave a values of 11–15 × 10−8

(Tables S6, S10 and S38). Crop and agro-wastes and food waste feedstocks, as defined
in [12], were more diverse, forestalling any direct comparison. These different values of
a reflect both the digestate TAN concentration, and the effect of other physico-chemical
characteristics of the digestate on the Henry’s and acid disassociation constants; when the
VFA concentration is zero, b is simply equal to a divided by the molar TAN concentration.
While it is easy to obtain values for a or b from any suitable set of baseline parameters for a
given digester, the idea that there may be typical values of these coefficients which could
be applied generally and/or that can be linked to other digestate properties is of interest
and worth consideration in further work

5. Conclusions

In the current work, the performance of the two equations was well demonstrated
across a wide range of operating conditions and data sources.

Equation A provides a relationship between two simple parameters, often routinely
measured, which showed good agreement with experimental data when applied under
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stable operating conditions. This approach therefore appears suitable as a basis for control
of H2 addition in CO2 biomethanisation of organic substrates.

Equation A performed less well for digesters undergoing dynamic change or expe-
riencing instability, as indicated, e.g., by VFA accumulation. In these situations, the use
of Equation B incorporating VFA and TAN concentrations was generally able to improve
prediction, giving RMSD values of <0.1 pH units: this was clearly demonstrated by experi-
mental work in which unstable conditions were deliberately induced to test the equations’
performance. Both TAN and VFA are relatively straightforward to monitor and when they
are included along with pCO2 as in the derived Equation B, the range of application can be
extended from stable operation to cover both dynamic change, and crisis management and
recovery if digester operation becomes unstable.

As both Equation A and B are derived from fundamental principles, the discrepancies
that are seen in some cases between predicted and experimental data most likely reflect
limitations in typical measurement accuracy and/or experimental design. This and the
fact that the equations performed well when applied to data from a wide range of plant
configurations and substrates gives strong support to the view that they are suitable for
application on real-world operational sites.

Establishing the required coefficient values for each equation is a simple process
requiring only basic data from a period of stable operation. Once these are determined
for a particular waste/digester combination, the use of this approach offers a reliable
means of optimising the biomethanisation potential of a plant without the risk of exceeding
critical values for pH or pCO2. This should provide the industry with the confidence to
adopt this emerging biotechnology, which could significantly increase the efficiency of
utilisation of carbon from organic substrates. The research thus further strengthens the case
for promoting in situ CO2 biomethanisation as a means of maximising the value of existing
infrastructure and resources in the waste and agri-food sectors.
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Appendix A

Figures A1–A7 show results for the application of Equation A and where possible
Equation B to datasets associated with [6,17,32,39,40,50–53], and with the experimental
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work in the current trial. Numerical datasets associated with the published literaturewere
kindly provided by the authors in each case. Note that graphs do not include baseline
values used for deriving coefficients a and b.

Figure A1. (a) Measured pCO2 and measured and predicted pH values and (b) predicted pH values
from Equations A and B for mesophilic CO2 biomethanisation of industrial food waste for points
with measured VFA and measured or interpolated TAN associated with Tao et al. [6]. See Figure 1c,d
in the main text for results from Equation A for the full dataset, and Table S5 for operating conditions
and average results for each phase.

Figure A2. Experimental pCO2 and pH values and predicted pH from Equation A for 2-stage
mesophilic (a,b) and thermophilic (c,d) CO2 biomethanisation of cattle manure associated with
Bassani et al. [32]. See Table S15 for operating conditions and average results for each phase.
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Figure A3. Experimental pCO2 and pH values and predicted pH from Equation A for thermophilic
UASB fed on potato starch wastewater with (a,b) and without (c,d) H2 addition associated with
Bassani et al. [53]. See Table S18 for operating conditions and average results for each phase.

Figure A4. (a) Measured pCO2 and measured and predicted pH values and (b) predicted pH values
from Equations A and B for thermophilic CO2 biomethanisation of cattle manure and whey using
modelled TAN values associated with Lovato et al. [39]. See Table S7 for operating conditions and
average results for each phase.
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Figure A5. Experimental pCO2 and pH values and predicted pH from Equations A and B for
thermophilic CO2 biomethanisation of cattle manure and whey with (a,b) and without (c,d) H2

addition associated with Luo and Angelidaki [17]. See Table S3 for operating conditions and average
results for each phase.

Figure A6. Experimental pCO2 and pH values and predicted pH from Equation A for mesophilic
(a,b) and thermophilic (c,d) CO2 biomethanisation of pig manure associated with Zhu et al. [50–52].
See Table S4 for operating conditions and average results for each phase.
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Figure A7. Experimental pCO2 and pH values and predicted pH from Equations A and B in digesters
D1 (a,b), D3 (c,d), D5 (e,f), and D7 (g,h) during mesophilic anaerobic digestion of sewage sludge at
varying H2 addition rates. For even-number digesters, see Figure 5 in the main text.
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Abstract: Anaerobic digestion allows for the proper management of agro-waste, including manure.
Currently, more than 18,000 anaerobic digestion plants are under operation in EU, 80% of which are
employed in the rural context. Tariff schemes for power generation from biogas produced during
anaerobic digestion of agricultural feedstocks in Germany, Italy and Austria are coming to an end and
new approaches are needed to exploit the existing infrastructures. Digesters in the rural context can
be implemented and modified to be transformed into sustainable multi-feedstock and multi-purpose
biorefineries for the production of energy, nutrients, proteins, bio-chemicals such as carboxylic acids,
polyesters and proteins. This paper describes how the transition of agricultural anaerobic digesters
into multi-products biorefineries can be achieved and what are the potential benefits originating
from the application of a pilot scale platform able to treat cow manure and other crop residues
while producing volatile fatty acids, polyhydroxyalkanoates, microbial protein material, hydrogen,
methane and a concentrated liquid stream rich in nitrogen, potassium and phosphorus.

Keywords: agricultural waste; anaerobic digestion; biobased products; biogas; nutrients; polyhy-
droxyalkanoates; proteins; volatile fatty acids

1. Introduction

The European Union is an international leader in the bioeconomy sector: Germany,
France and Italy are the greatest global producers of crops, meat, fish and processed food,
which determine the production of large amounts of residual organic streams, mainly
livestock manure. The total European production of livestock effluents accounts for 1.4 bil-
lion tonnes per year, with France, Germany and Italy producing 276, 197 and 103 million
tonnes per year, respectively [1]. The production of agricultural residues derived from
crop cultivation accounted for 21 million tonnes in 2020 in the European Union [2]. These
streams, collectively named agro-waste, are a rich untapped source of carbon and nutrients
and should not be disposed of massively but rather properly valorized within the circular
economy concept with the potential to support human well-being and saving resources [3].

Anaerobic Digestion (AD) is a robust technology for the management and valorization
of agro-waste in the rural context: in fact, AD enables the bioconversion of the organic
matter present in manure, residual crops, and other residual organic streams of the food
processing chain while recovering biogas for power or biomethane production [4,5] and a
digestate containing considerable quantities of valuable nutrients [6].

Because of its benefits and the incentives schemes applied in different Countries,
AD is largely diffused in Europe [3]: more than 18,000 plants with an installed capacity
of 8000 MWel are globally under operation in Europe according to the European Biogas
Association [7]. In 2021, the EU produced 3 billion m3 of biomethane [8]. However, the EU
production should increase to 35 billion m3 by 2030, to be able to comply to the new EU
communication COM/2022/108, implementing the “RE. PowerEU” plan.
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As reported above, besides biogas, AD plants generate also digestate, a sort of renew-
able fertilizer [3,6]. The use of digestate provides macro (nitrogen, phosphorus, potassium,
etc.) and micro (cobalt, selenium, etc.) nutrients to the soil. Moreover, it determines the
supplementation of stable carbon to the fields, thus increasing the carbon sink capability of
soils [9].

In the last 20 years, the number of AD plants has increased considerably in Western
and Central Europe because of favorable incentive schemes dedicated to the supporting
of power and biomethane generation [10]. However, the incentive schemes for power
generation in Germany, Italy and Austria are rapidly coming to an end, therefore the use
and exploitation of rural anaerobic digesters should be reconsidered.

In perspective, an obvious upgrade of this technology is the transformation of anaer-
obic digesters into a multi-feedstock, multipurpose and multiproduct biorefinery able
to valorize agro-waste into high added value biobased products such as nutrients and
chemicals, thus creating social and economic benefits at local level [11–13].

In recent years, several studies showed the possibility to generate biofuels such as
hydrogen and methane, biobased chemicals such as polyhydroxyalkanoates, produce
microalgae, bacteria or yeast, convert CO2 and recover nutrients from organic wastes.

It is therefore possible to imagine anaerobic digestion at the center of a future biorefin-
ery approach where agro-wastes and food processing waste are converted into high added
value biobased products other than biofuels. This new bioeconomy approach is crucial for
the rural renaissance of Europe.

In this framework, the Horizon Europe project AgriLoop will study the upcycling of
agro- and food-processing waste and byproducts to high value biobased products. A pilot
scale platform biorefinery will be operated where cow manure, crops silage and other agro-
waste will be transformed into biofuels, carboxylic acids, and polyesters, while nutrients
will be recovered in concentrated forms.

In this paper, we will provide evidence of this global approach, here implemented in
a pilot scale biorefinery able to convert agro-waste into valuable products working in a
real environment. For the purpose of this study, agricultural wastes, by-products and co-
products are defined as plant or animal residues that are not (or not further processed into)
food or feed. This large amount of undervalued biomass is further called agro-waste as it is
intended to be fully integrated as resource in optimised cascading biorefinery and therefore
revoked as waste, to become multiple levers of the transition away from a fossil-based
carbon-intensive economy.

2. Materials and Methods

The general approach proposed in this study envisages that livestock effluents, crop
silage and other agro-waste are transformed into biofuels and biobased products such
as volatile fatty acids (VFAs) and polyhydroxyalkanoates (PHAs), while nutrients and
microbial proteins are recovered. All these activities will be carried out treating real
substrates and in a real environment: the pilot scale platform is placed in “La Torre” farm,
Isola della Scala, Verona, in the northeast of Italy.

This biorefinery platform will allow for the treatment of different types of feedstocks
and their bioconversion into biobased products.

2.1. Pilot Plant Description

The biorefinery plant is an upgrade and modification of the one presented by Righetti
and colleagues [13], first developed in the framework of the project NoAW, No Agro-
Waste-Innovative approaches to turn agricultural waste into ecological and economic assets
(http://noaw2020.eu/), accessed on 20 December 2022, and it can be divided into the
following main areas:

• agro-waste pre-treatment and preparation;
• acidogenic fermentation where volatile fatty acid production and hydrogen are pro-

duced;
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• mixed microbial biomass selection and PHA storing;
• PHA extraction and purification;
• anaerobic digestion of the solid part of the fermentation effluent;
• nutrient recovery;
• microbial protein production.

The overall approach of the biorefinery and the obtainable products are schematically
shown in Figure 1.
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Figure 1. Scheme of the unit operations involved in the studied pilot scale process.

The 2 m3 storage tank for feedstock mixing and preparation is equipped with a
weighing system for the control of the amount of material fed into the system. The tank has
a mixer to homogenize the substrates. Mixed material is then ground by means of a special
centrifuge pump model TM451 (Vidotto Dissipatori, Eraclea, Italy, Italy) and pumped to
the anaerobic acidogenic reactor. The fermentation unit is a 5 m3 unit with an adjustable
volume. The fermenter is temperature controlled with warm water and can operate both in
mesophilic and thermophilic conditions.

The operational conditions applied to the reactor are shown in Table 1.

Table 1. Operational conditions of the anaerobic acidogenic fermenter and anaerobic digester.

Parameter Anaerobic
Fermenter

Anaerobic
Digester

Hydraulic retention time (HRT) 3–5 days 25–35 days
Organic loading rate (OLR) 15–25 kgCOD/m3 day 2.5–4.5 kgCOD/m3 day

The fermentation process operates in mesophilic conditions with an average organic
loading rate in the range of 15–25 kgCOD/m3 d, a desired OLR of approximately 18
kgCOD/m3 d and a hydraulic retention time of 3 to 5 days to improve the conversion of
particulate COD into short chain VFAs to be fed to the PHA bioreactor. The operational pH
of the anaerobic fermenter is determined by the characteristics of fed substrates and it is
typically around 5.5. Operational conditions such as OLR can be set in order to tune the
abundance of different short chain VFAs in the liquid phase.

The fermenter effluent is treated in a horizontal screw press unit (Sepcom, WAM
Group, Modena, Italy) for the solid/liquid separation. The screw press treatment capacity
is 5 m3/h.
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The liquid fraction obtained through solid/liquid separation is then pre-filtered at 500
micron and then micro-filtered in a rotating ceramic unit. The permeate rich in short chain
VFAs is then sent to the mixed microbial biomass selection unit.

The first bioreactor is a 2 m3 volume system for the selection of PHA-accumulating
microorganism, while the second reactor, 1 m3 in volume, is dedicated to the accumulation
of PHAs.

Both bioreactors can operate in batch or continuous mode.
The sludge rich in PHAs produced in the second bioreactor, after settling and concen-

tration, is quenched with sulfuric acid and sent to a chemical extraction unit.
The separated solid fraction obtained from the screw press is sent to a mesophilic

anaerobic digester designed to operate at an optimal organic loading rate of 4 kgVS/m3

d and with a hydraulic retention time of approximately 30 days. The anaerobic digester
has a working volume of 1 m3. The operational pH of the anaerobic digester is typically
self-buffered around 8. Table 1 reports the expected ranges of operation for both OLR and HRT.

The anaerobic digestion effluent undergoes to solid/liquid separation and the liquid
stream is sent to a screening and filtration unit with mesh of 250 µm and then to a double
stage filtration unit where ultra-filtration is followed by reverse osmosis for nutrient
recovery and concentration. The permeate (clean water) is used to dilute the treated feedstock
in the initial storage tank. The ultra-filtration unit has a ceramic disc filter with a porosity
of 0.22 µm, with a maximum flow of 10 L/h. The reverse osmosis unit has a membrane
porosity of less than 1 nm, with a maximum flow of 200 L/h.

2.2. Analysis

In order to carry out the mass balances for the system and for each operation unit,
the feedstocks and the effluents of the reactors were monitored once or more times per
week through the analysis of total and volatile solids (TS and TVS), chemical oxygen
demand (COD), Total Kjeldahl Nitrogen (TKN) and total phosphorus (TP) concentrations.
The process stability parameters for the anaerobic fermenter and digester, namely pH, VFAs
content and speciation, total and partial alkalinity and ammonia (NH3-N) were regularly
checked daily. All the analyses, except for the VFAs, were carried out in accordance with
the standard methods for water and wastewater analysis [14].

The biogas flowrate was measured by a volumetric counter (Ritter Gmbh, Schwab-
münchen, Germany), while biogas composition in terms of CH4 and CO2 concentrations
was measured using a portable gas monitor (GAS Counter BIOGAS 5000), equipped with
a hydraulic guard to remove H2S. Hydrogen content was determined by a gas chromato-
graph (GC Agilent Technology 6890 N) equipped with the column HP-PLOT MOLESIEVE,
30 × 0.53 mm ID × 25 µm film, using a thermal conductivity detector and an argon as
gas carrier.

2.3. Mass Balance Equation and Yields of the Pilot Plant

The mass balance of the pilot scale plant is based on the chemical characteristics of
the influent and effluent streams and the relative flowrates. The general equation for mass
balances for a given chemical compound considers influent and effluent mass, generated
and consumed mass and a term for accumulation according to the general formula:

M influent − M effluent + M generated − M consumed = M accumulated in the system. (1)

The general equation can be then applied considering flowrate and concentration for
any chemical compound according to the following equation:

V · dC
dt

= Qin · Cin − Qout · Cout − V · Rc + V · Rp, (2)

where
Qin is influent flowrate, m3 per day;
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Cin is influent concentration of a given compound, kg per m3;
Cout is effluent concentration of a given compound, kg per m3;
Qout is effluent flowrate, m3 per day;
C is compound concentration in the bioreactor, kg per m3;
V is volume of the bioreactor, m3;
Rp is specific production rate in the system, kg per m3 per day;
Rc is specific consumption rate in the system, kg per m3 per day.
In steady state conditions, the concentration of a given component, C, is constant and

Equation (2) equals zero.
Yields for a given product are determined considering the quantity of product per time

unit, typically per day, over the quantity of substrate entering the system at the same time.
The mass balance and yields of the system discussed below are determined according

to the description reported here.

3. Expected Results and Discussion

As described above, existing AD plants can be converted into multipurpose biorefiner-
ies able to produce a portfolio of different biobased products.

In this study, we will consider the conversion of a mix of cow manure, straw and
residual crops into different bioproducts:

- hydrogen and methane,
- short chain VFAs,
- PHAs,
- nutrients,
- microbial proteins.

The scheme of the general approach is shown in Figure 1.
Specific details for the different biobased products are illustrated and discussed below.

3.1. Biofuels: Hydrogen and Methane Production

Hydrogen and methane have gained particular interest in the scientific community in
recent years due to the need of decarbonisation to fight climate change and to the increasing
price of natural gas. This has led to the further development and implementation of the two-
stage anaerobic digestion technology, a biological process which allows for the simultaneous
production of hydrogen and methane from organic residues. The two anaerobic reactors
treating agro-waste are dedicated to dark fermentation and methanogenesis, respectively.
The first step consists in hydrogen and carbon dioxide production by the acidogenic
microorganisms, through the hydrolysis of complex organic compounds into soluble
macro-molecules and then into short chain VFAs. During the methanogenic step, in the
second reactor, VFAs are degraded to carbon dioxide and methane, while part of the carbon
dioxide is bio-converted to methane through its reaction with hydrogen [15]. The resulting
gaseous blend can be upgraded to eliminate undesired compounds such as hydrogen
sulphide, ammonia and carbon dioxide [16] in order to obtain the hydrogen–methane blend
bio-hythane.

In the AgriLoop project, we will operate the two reactors as described in Table 1 and
we expect yields of approximately 20 L H2 and 180 L CH4 per kgVS treated. Besides the
gaseous effluents, the process produces digestate, a mix of solid and liquid parts.

3.2. Volatile Fatty Acids Production

VFAs are short chain carboxylic acids from acetate (C1) to caproate (C6), usually
derived from fossil sources. The biological production of VFAs is receiving great attention
to favour the transition from a linear to a circular economy model. Through anaerobic
fermentation, agro-waste can be converted into valuable VFAs with high economic value,
ranging from 800 to 2500 €/tonne [17]. In our project, agro-waste will be converted into
VFAs for the synthesis of PHAs and single cell proteins (SCP, see Section 3.5).
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The VFAs yields depend on the chemical and physical nature of the organic substrates:
in this case, the mixed material will be composed of both hard-to-degrade organic material
(straw) and easily biodegradable cellulose and hemi-cellulose, therefore expected yields
are in the range of 0.2–0.3 gVFA/gVS. These values are in line with literature data: agro-food
wastes rich in simplest compounds, for example, winery waste such as lees, having high con-
tent of glucose, fructose and ethanol, have typical VFAs yields of 0.5–0.7 gVFA/gCOD; olive
pomace, rich in lipids and recalcitrant lignocellulosic compounds, have lower yields [18]. In
order to increase the process yield, lignocellulosic materials represented by rice, corn, wheat
straws and by-products from energy crops are usually pre-treated under steam explosion
to favour the degradation of the long and complex carbon chains into smaller organic
fractions, which can be easily converted by the mixed microbial culture [19], increasing the
VFAs yield to 0.45–0.55 gVFA/gCOD [20].

In this specific study, chemical pre-treatments to increase bioconversion of recalcitrant
organic matter will be applied; in particular, the use of soda will be tested.

In particular, crop residues and manure with straw will be added with soda at 36% to
match up a final concentration in the pre-treatment vessel of 1% and digested overnight at
environment temperature.

In terms of concentration, VFAs in the fermentation broth are usually in the range of
15–40 g/L [21] depending on both bioconversion capability and dilution. To be exploitable
for industrial purpose, VFAs need to be separated from the other organic compounds and
concentrated in order to have a minimal concentration level of 100 g/L [22].

Several techniques such as adsorption on solid matrix [23], distillation and evapora-
tion [22], extraction by solvent [24], electrodialysis [25] and pressure-driven membrane
processes [26] have been implemented for VFAs recovery. Traditional recovery techniques
by solvents and distillation are known to be high in cost and energy, but are still largely
applied in order to separate VFA from fermentation medium. It was demonstrated that the
maximum VFA recovery by this technique falls in the range of 61–98% [27]. Filtration tech-
niques, such as nanofiltration and reverse osmosis, are becoming attractive alternatives to
traditional recovery techniques, being capable of recovering over 90% of the VFAs content
from the fermentation medium [28].

VFA recovery has other advantages if applied directly on the liquid phase of the
fermenter: it can enhance anaerobic fermentation because (i) it shifts the balance toward
VFAs biosynthesis, (ii) it alleviates product-induced inhibition, and (iii) it maintains stable
alkalinity levels, allowing further waste degradation [29].

In order to obtain a functional cascade of integrated membrane separation processes
that allow the recovery, purification and optimal concentration of VFAs from waste-derived
AD effluents, it is essential to have pre-treatment processes able to deeply remove sus-
pended solids and colloids. To ensure the long-term application of a membrane filtration
system, it is necessary to take into account the factors that influence filtration operations,
such as pH and solids content (TS and TVS) [28]. The solids content is the limiting factor
for the application of specific membranes, since it can cause damage to the membrane
itself. Consequently, pre-treatments such as solid/liquid separations with a centrifuge or
vibrating screen must be applied [17].

In the AgriLoop project, because of the bio-recalcitrant nature of treated agro-waste,
mainly due to straw, expected yields are low, in the range of 0.1–0.2 kgVFA per kg of VS
fed to the anaerobic fermenter, while the fermentation broth will show VFA concentrations
in the range of 10–15 g/L. Several recovery techniques will be tested at lab scale with a
preference for membrane contactors.

3.3. Polyhydroxyalkanoates Production

Polyhydroxyalkanoates are a family of thermoplastic polyesters of hydroxyacid (HA)
monomers connected by an ester bond [18]. They can be produced from different renewable
sources by bacterial fermentation, as a form of intracellular carbon and energy storage. The
process of PHA production by mixed microbial culture applied in this biorefinery platform
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is conducted in three independent stages [30]. In the first step, the complex organic sub-
strate is fermented to obtain a stream rich in VFAs; the second step is based on the natural
principles of selection and competition of PHA-accumulating microorganisms against
microorganisms that are unable to accumulate PHAs, by applying transient conditions in
sequential batch reactors (SBR) [30]. It has been shown that conditions of external substrate
excess (feast) and limitation (famine) select microbial populations with an increased capac-
ity to store PHAs [31]. Finally, in the third phase, when the cells reach maximum PHAs
content, they are harvested and sent to downstream extraction processes [18]. The down-
stream processes for extracting the polymer from the cells are among the most important
factors affecting the overall cost of PHAs production, and they represent the bottleneck
of the whole process. So far, the most studied methods for the recovery of PHAs can be
grouped into two categories: solvent extraction and digestion of the non-polymeric mate-
rial. Solvent extraction is the predominant method for PHAs extraction, used when high
polymer purity is desired [32]. It typically involves soaking the PHA-containing biomass in
an appropriate solvent or solvent mixture to dissolve the granules, followed by the addition
of a precipitating agent to recover the polymers in crystalline form [33]. In the dissolution
step, chlorinated solvents are typically used, e.g., chloroform and dichloromethane. For
the precipitation step, methanol and ethanol are used [33]. Solvent extraction in large-scale
applications is generally not an environmentally friendly method due to the harmful charac-
teristics of the most used solvents, especially chlorinated solvents such as chloroform, and
the massive amounts of antisolvent used (approximately 10 volumes per volume of PHAs
solution) in order to precipitate the polymer. However, PHA-producing microorganisms
can accumulate these polymers in quantities of up to 70% g PHA/gVSS [18], therefore it
is possible to remove the small fraction of non-PHA cellular mass (NPCM) surrounding
the PHA rather than extracting the PHA by solubilizing it in a suitable solvent. For this
reason, several methods have been developed to release the PHAs granules by solubilizing
the surrounding NPCM. Various chemical compounds can be used: sodium hypochlorite,
surfactants, acid and alkaline compounds. All these chemicals can be used in the aqueous
phase, thus avoiding the energy consumption required to dry the biomass when solvent
extraction is applied [33].

Although the mass balance indicates higher productions, the expected final PHA produc-
tions for this pilot scale biorefinery process can reach a maximum of 2 kg PHA per day with
a yield estimated in 0.01 kgPHA per kgVS in the feedstock because of the complexity of the
biomass treated in this specific context, mainly due to straw, and because of the set-up of
the extraction and purification phase.

3.4. Nutrient Recovery

The main by-product of the AD process is represented by a solid-liquid mixture, the
digestate, which contains the stabilized organic matter not converted into biogas and
considerable amounts of macro- and micro-nutrients. Digestate is now receiving great
attention from the agricultural community because it is rich in nitrogen and phosphorous,
and because of the high costs of fossil fertilizers. For example, when livestock effluents are
treated, TKN concentration can reach values in the range of 2.5–9 g per kg of fresh matter
with an ammonium content exceeding 50–60% w/w [17]. Agricultural digestate have also
a good content of phosphorous, typically in the range of 0.5–1.5 g per kg fresh matter, a
small part of which is in the soluble form.

There are currently several technological options for digestate treatment and nutrients
recovery available on the market. All the options require a common step of solid/liquid sep-
aration of the agricultural digestate. These two phases, solid and liquid, can be then further
processed to obtain concentrated nutrient streams minimizing the transport costs [16,34].

The most developed technologies at industrial scales for nitrogen and phosphorus
recovery are ammonia stripping and struvite precipitation, respectively, which allow both
an average removal and recovery yields of 90–95%. However, they have very high envi-
ronmental and energetical costs [17]. For this reason, new technologies are emerging to
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reduce the use of chemicals, such as pressure-driven membranes, ultrafiltration and reverse
osmosis (RO).

Membrane processes are physical-based technologies, where the agricultural digestate
is treated under sequential solid/liquid separations. The solid fraction from each stage
is called concentrate or retentate, while the liquid phase is named permeate. Usually, the
first separation stage consists in a preliminary removal of the coarse solids by means of a
centrifuge or a vibrating screen. Then, the liquid is treated in several steps: (i) microfiltration
(MF), having membrane with pore size >0.1 µm under a trans-membrane pressure of
0.1–3 bar, (ii) ultrafiltration (UF, pore size >0.001 µm, pressure 2–10 bar) and a (iii) RO
(pore size <1 nm, pressure 10–100 bar), to obtain a nutrient-rich retentate and water as
permeate. In this way, it is possible to obtain a fertilizer rich in N and P (8.2–12.0 kg/tonne
TN; 5.6–10.4 kg/tonne P2O5) [19,20].

In this study, we will treat the liquid fraction of digestate obtained after solid/liquid
separation via a screw press in a train of operation consisting of filtering/sieving, mi-
crofiltration and reverse osmosis to obtain a retentate characterized by relatively high
concentrations of nitrogen, potassium and phosphorus, as well as other important min-
erals such as iron, magnesium and sulfur, with the characteristics of distillation vinasse
which can be used as soil amendment. Expected typical concentrations for nitrogen are
in the range of 7–10 gN/L [35] while phosphorus is mainly recovered in the form of fine
microfiltered sludge before the RO unit.

3.5. Proteins Production

Due to the growing human population, expected to reach 10 billion by 2050 [36],
proteins are a sought-after resource not only as a source of food or animal feed, but
also as the starting material for other high-value products such as protein hydrolysates,
biostimulants for agriculture, wood adhesives, flocculants, surfactants and protein-based
plastics [37]. Animal- and vegetal-based proteins are at present mainly produced through
low-efficiency processes with a high environmental impact in terms of greenhouse gas
emissions, land and water use, and soil and air pollution [38,39]. However, AD plants are
an underexploited source of proteins, which could be used in place of traditional protein
sources, with a lower ecological footprint. AD plants, which at present are either run
at a cost or in need of subsidies, could be turned into profitable or at least neutral-cost
establishments, once equipped for the upcycling of proteins.

Proteins can be recovered from AD plants through different routes as described in
Figure 2:

1. The process of acidogenesis generates volatile fatty acids (VFA), which can easily be
utilised as a source of carbon for the growth of different types of microorganisms.
These are unicellular bacteria, fungi, yeasts and algae, which are rich in proteins
and appear in the market under the name of microbial proteins (MP) or single cell
proteins (SCP) once they have been dried and processed [40]. At present, established
technologies are already producing microbial proteins at competitive conversion rates,
which are marketed with the required certifications and patents [41].

2. CH4, CO2 and H2 produced by methanogenesis are generally turned into thermal
or electrical energy. However, these gases can be upcycled into microbial protein
production by methanotrophic and hydrogenotrophic microbial strains, while the
digestate can also be utilised as a source of nitrogen in the form of ammonia [42,43]. In
the AD context, the CO2 used as feedstock for bacterial strains can be generated from
the upgrading of biogas into biomethane, or from the CO2 emitted as a bioproduct of
the combustion of biogas.

3. A more straightforward route for the recycling of proteins in AD plants is the util-
isation of the microbial biomass produced in the digesters directly as MP source.
This biomass containing mixed microbial cultures can be richer in protein than pure
cultures, and has many applications, mainly in the animal feed sector [44].
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Figure 2. Schematic representation of the routes through which proteins can be recovered from
AD plants.

In this study, route 1 is followed: specifically, VFA generated in the acidogenic anaer-
obic fermenter is used to produce PHA-accumulating microbial biomass which can be
employed for feeding purposes, especially in the aquaculture sector. Expected yields are
high and interesting with microbial biomass production in the range of 0.3–0.5 kg VSS per
kg COD consumed.

3.6. Expected Mass Balance for the Overall Biorefinery Process

The overall biorefinery process allows for the recovery of biofuels (hydrogen and
methane, VFA, PHA and nutrients). PHA-rich microbial mass can be used as protein
microbial material instead of as a source of polyesters.

Considering the feeding of 1 m3 per day at 20% dry matter, the expected productions
of hydrogen, methane, VFAs, PHAs, nitrogen and phosphorus are those reported in Table 2.

Table 2. Expected quantitative products obtained from the overall AgriLoop process.

Product Expected Production per Day

Hydrogen 2 m3

Methane 18 m3

Volatile fatty acids (short chain) 40 kg
Polyhydroxyalkanoates Up to 8 kg

Nitrogen 0.6 kg as N
Phosphorus 0.05 kg as P

The overall feedstock is anaerobically fermented and can produce some 40 kg of short
chain fatty acids, where relative concentrations of acetic, propionic, butyric and valeric
acids can be tuned using different operational conditions in terms of HRT and OLR. During
the anaerobic process, up to 2 m3 of hydrogen is produced.

Produced VFAs can be considered a product itself, or, after solid/liquid separation
and further purification, can be fed to the PHA-accumulating bioreactors. If transferred to
this section, VFAs can produce up to 20 kg of microbial biomass containing up to 8 kg of
PHAs. Because of the recovery procedure, the PHAs effectively recovered will be clearly
lower than the calculated mass.
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The solid fraction recovered after the solid/liquid separation step, equivalent to 60%
of the total solids in the feedstock, is sent to the anaerobic digestion unit where up to 18 m3

methane can be produced. Anaerobic digestate will be then treated to separate solids and
recover nutrients from the liquid phase via screening, microfiltration and ultrafiltration:
0.6 kg and 0.05 kg of nitrogen and phosphorus, respectively, can be recovered.

Table 2 summarizes the expected quantities of products.

4. Conclusions

Currently, more than 18,000 anaerobic digestion units are under operation in EU, 80%
of which are employed in the agricultural sector. Because of the need for the sustainable
production of biobased products from agro-waste and since the tariff schemes are rapidly
approaching their end in several countries, there is the urgent need for a reconfiguration of
these plants. In particular, these can be transformed into biorefineries able to transform
agro-waste into valuable bio-based products.

In this study, a complete biorefinery platform for the treatment of agro-waste (espe-
cially cow manure) was designed and implemented at pilot scale in a real farm environment:
biofuels (methane and hydrogen), VFAs, PHAs or microbial mass proteins were the main
products. The high flexibility of the process allows for the different production of biofuels
or biochemicals depending on the operator choices.

Considering the treatment of 1 m3 of slurry at 20% dry matter every day, for biofuels,
up to 2 and 18 m3 of hydrogen and methane, respectively, can be produced. Then, 40 kg
of VFA can be produced and up to 8 kg PHA after extraction and purification. Moreover,
0.6 kg and 0.05 kg of N and P, respectively, can be recovered in a concentrated form, easy to
transported.

The practical set up of this platform will be further studied and its applicability will be
analyzed especially through the environmental, social and economic benefits and sustain-
ability performance that will be quantitatively assessed during the AgriLoop project imple-
mentation.
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