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1. Introduction

Effectively managing nuclear waste is crucial to ensure the safe sustainable usage of nu-
clear energy, which ranges from large-scale applications in power generation to numerous
smaller-scale applications in medicine, industry, and agriculture, and scientific research is
needed at the current state of development. The waste, which is generated as a by-product
of nuclear energy use, is termed nuclear or radioactive waste since it contains levels of
hazardous radionuclides that are above the clearance/exemption levels set by national
authorities in each country. Depending on the radionuclide contents, the nuclear waste
is classified as very-low-level, low-level, intermediate-level, or high-level waste (VLLW,
LLW, ILW, and HLW, correspondingly). The lifecycle of nuclear waste management (NWM)
contains the following stages: pretreatment, treatment, conditioning, and disposal. The
characterization of these stages is mandatory and often crucial, and transportation is also a
necessary linkage between the different players of NWM. Nuclear waste is first treated and
conditioned for its safe handling, transportation, storage, and ultimate placement into a
disposal facility. Finally, the conditioned nuclear waste is disposed at the back end of its
lifecycle with the aim of permanently protecting humans and the biosphere from dangerous
radioactive materials [1].

The largest source of nuclear waste by volume is the nuclear fuel cycle (NFC), which
has nuclear power plants that produce electricity at its core. Figure 1 schematically shows
the NFC activities and associated nuclear waste streams, emphasizing that hazardous
radioactive materials (uranium ores) are initially mined from deep crystalline or shallow
sedimentary formations; these materials, along with newly formed radiotoxic and artificial
nuclides, are finally taken to geological disposal facilities (GDF) that are located deep
underground within geological formations (crystalline rocks, salt, clays, etc.) that have
been stable for millions of years (see, e.g., [2]).

Figure 1. Closed (shown in orange) and open NFC activities with associated nuclear wastes (see [2],
publicly available).

Sustainability 2023, 15, 11934. https://doi.org/10.3390/su151511934 https://www.mdpi.com/journal/sustainability
1



Sustainability 2023, 15, 11934

2. Materials for Nuclear Waste Management

The safety of nuclear waste relies on the materials that are used, and this aspect
is especially important in its disposal. Nuclear waste processing, storage, and disposal
activities encompass the utilization of advanced technologies and materials, aiming to
ensure the reliability of long-term waste isolation. Considering the material aspect is
hence one of the keys to ensure sustainable and safe nuclear waste management. Cements,
geopolymers, glasses, glass composite materials, ceramics, and metals are generically the
basic materials that are used and systematically analyzed for their expected long-term
performance in the disposal environment. The selection of materials within the nuclear
waste management problem is a complex task accounting for technology availability and
waste characteristics, and typically involves a compromise between various constraints
including flexibility, ease of processing, waste loading, characteristics of the waste, required
lifetime performance affected by self-irradiation from decaying radionuclides, and water
alteration accounting for the mineralogical–geochemical aspects [3–6]. In addition to
laboratory tests, the available data on natural analogue materials that have been proven
for their long-term stability and durability are used to ensure confidence in the multi-
scale approaches that are currently used to predict the behavior of waste disposal systems
on geological timescales. The generic rule is that the higher the nuclear waste hazard,
the more durable materials are being used to immobilize and ultimately dispose of the
radionuclides (Figure 2).

Figure 2. Materials and disposal routes of nuclear waste following IAEA classification scheme.
Reproduced from [3] with permission from Elsevier. EW—waste exempt of regulatory control.

At the core of the multibarrier system preventing radionuclide migration into the
biosphere is the wasteform [4]—the product of immobilizing waste into a matrix (Figure 3).

2
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Figure 3. Schematic representation a of multibarrier system (see [4], publicly available). THMC—coupling
of thermo–hydro–mechanical and chemical processes.

Immobilization is defined as the conversion of waste into a wasteform via solidification,
embedding, or encapsulation aiming to facilitate handling, transportation, storage, and
disposal. The immobilization of waste is achieved by its chemical incorporation into the
structure of a suitable matrix (e.g., cement, glass, or ceramic) so it is captured and unable
to escape. The management of HLW is the most challenging because the times required
for radionuclides to decay to background levels are of geological timescales. Chemical
immobilization (binding of radionuclides at atomic/molecular level) is typically applied for
HLW, while encapsulation is used for ILW, and the immobilization of LLW is achieved by
physically surrounding the waste constituents with materials such as bitumen or cement so
it is isolated and so the radionuclides are retained. Physical encapsulation is often applied
to ILW and can also be used for HLW, especially where the chemical incorporation of
radionuclides in the surrounding matrix is also possible. Choosing the wasteforms and
packages for higher activity radioactive wastes such as ILW and HLW is challenging, as the
crucial decisions largely depend on the nature of the waste streams and are based on the
proven technologies used worldwide [4–6].

VLLW does not require immobilization, although some forming packaging is used
to assist with handling and transportation. LLW is typically immobilized using cement,
although more durable materials such as bitumen or glass can provide a much better
retention of contaminants and reduce the final waste disposal volume. Since ILW is more
hazardous than LLW, it can be immobilized using glasses, bitumen, cements, and geopoly-
mers. LLW and ILW can be packed in high-integrity metal and concrete containers. The
most hazardous waste is HLW, typically resulting from spent fuel reprocessing, which
requires the most durable and stable wasteforms. These are represented by durable crys-
talline ceramics that are currently under the deployment stage, and by glasses that have
been used industrially for many decades. The vitrified HLW is typically encased in stainless
steel canisters, while corrosion-resistant copper containers are used to dispose of spent

3
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nuclear fuel. Table 1 indicates the various nuclear waste classes from the papers that are
published within this Special Issue (i.e., A, B, C. . .P are chapters of this book).

Table 1. Relevant nuclear waste classes within publications of current Sustainability Special Issue.

Chapter Title of Contribution, Web Reference Waste Class

A “Material Aspect of Sustainable Nuclear Waste Management” (Editorial) All

B
“Removal of Cs-137 from Liquid Alkaline High-Level Radwaste Simulate Solution by

Sorbents of Various Classes” (Article), https://www.mdpi.com/2071-1050/15/11/8734
(accessed on 20 July 2023).

All

C
“Long-Term Chemical Alteration of 238Pu-Doped Borosilicate Glass in a Simulated

Geological Environment with Bentonite Buffer” (Article),
https://www.mdpi.com/2071-1050/15/7/6306 (accessed on 20 July 2023).

HLW

D “An Introduction to Nuclear Industrial Archaeology” (Article),
https://www.mdpi.com/2071-1050/15/7/6178 (accessed on 20 July 2023). All

E “Influence of Radioactive Sludge Content on Vitrification of High-Level Liquid Waste”
(Article), https://www.mdpi.com/2071-1050/15/6/4937 (accessed on 20 July 2023). HLW

F
“Toward Deep Decontamination of Intermediate-Level-Activity Spent Ion-Exchange

Resins Containing Poorly Soluble Inorganic Deposits” (Article),
https://www.mdpi.com/2071-1050/15/5/3990 (accessed on 20 July 2023).

ILW

G
“Influence of Rock Structure on Migration of Radioactive Colloids from an Underground

Repository of High-Level Radioactive Waste” (Article),
https://www.mdpi.com/2071-1050/15/1/882 (accessed on 20 July 2023).

HLW

H
“Evaluation of a Long-Term Thermal Load on the Sealing Characteristics of Potential

Sediments for a Deep Radioactive Waste Disposal” (Article),
https://www.mdpi.com/2071-1050/14/21/14004 (accessed on 20 July 2023).

HLW

I
“Natural Clay Minerals as a Starting Material for Matrices for the Immobilization of

Radioactive Waste from Pyrochemical Processing of SNF” (Article),
https://www.mdpi.com/2071-1050/13/19/10780 (accessed on 20 July 2023).

HLW, ILW

J
“The Influence of Liquid Low-Radioactive Waste Repositories on the Mineral

Composition of Surrounding Soils” (Article),
https://www.mdpi.com/2071-1050/12/19/8259 (accessed on 20 July 2023).

LLW

K
“Calculation of Potential Radiation Doses Associated with Predisposal Management of

Dismantled Steam Generators from Nuclear Power Plants” (Article),
https://www.mdpi.com/2071-1050/12/12/5149 (accessed on 20 July 2023).

All

L
“Effect of Gamma Irradiation on Structural Features and Dissolution of Nuclear Waste
Na–Al–P Glasses in Water” (Article), https://www.mdpi.com/2071-1050/12/10/4137

(accessed on 20 July 2023).
HLW

M
“On the Sustainable Utilization of Geopolymers for Safe Management of Radioactive

Waste: A Review” (Review), https://www.mdpi.com/2071-1050/15/2/1117 (accessed on
20 July 2023).

LLW, ILW

N
“Recent Advances in Alternative Cementitious Materials for Nuclear Waste

Immobilization: A Review” (Review), https://www.mdpi.com/2071-1050/15/1/689
(accessed on 20 July 2023).

LLW, ILW

O
“Toward Sustainable Cementitious Radioactive Waste Forms: Immobilization of

Problematic Operational Wastes” (Review),
https://www.mdpi.com/2071-1050/13/21/11992 (accessed on 20 July 2023).

LLW, ILW

P “Glass Crystalline Materials as Advanced Nuclear Wasteforms” (Review),
https://www.mdpi.com/2071-1050/13/8/4117 (accessed on 20 July 2023). HLW, ILW

Cements are widely used within NWM starting from its inception stage and are used
at an incomparable larger scale compared to other materials [7–9]. The cementation of
both solid and liquid nuclear waste has become an important and developing part of the
waste management system owing to its simplicity and versatility. Cements are inorganic
materials that set and harden because of hydration reactions between its constituents
and water, forming a composite material containing both crystalline (i.e., portlandite,
ettringite, monosulfate, hydrogarnet) and amorphous (the tobermorite gel termed CSH
phase) constituents. Geopolymers are used to a lesser extent in NWM. They are materials
often termed alkali-activated cements and are made by mixing a reactive source of alumina
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and silica, such as fly ash, or by mixing metakaolin with an activator, typically in the form
of concentrated aqueous solutions of NaOH or KOH, resulting in the formation of a solid
material comprising a hydrous aluminosilicate gel, which binds much of the added alkali [7].
Cements and geopolymers allow for the microencapsulation of waste, although some
physicochemical binding of waste cations can also occur. Modern cementitious wasteforms
include Portland-based cements, calcium aluminate, calcium sulfoaluminate, phosphate,
ceramicrete (hydrous potassium magnesium phosphate), magnesium silicate, and alkali-
activated cement (also termed geopolymers). The overviews (N, O, P) provide data on
the advances within the uses of cements and geopolymers including their application to
so-called problematic waste. The continued development of the cementation technique
is driven by the improvement and expansion of cementitious materials that are suitable
and efficient for NWM, with advances that have significantly improved nuclear waste
cementation technology and the quality of cementitious nuclear wasteforms.

Crystalline ceramics containing one or more crystalline phases are the most durable
and reliable host materials for the retention of long-lived radionuclides [10–12]. Single-
phase crystalline ceramics can be used to immobilize separated radionuclides such as
weapon grade 239Pu, minor actinides after nuclear fuel reprocessing, as well as more
chemically complex waste streams including HLW from fuel reprocessing. The atomic
structure of the ceramic phase must have multiple cations and sites that can accommodate
the variety of radionuclides in the waste stream; therefore, multiphase crystalline ceramics
are preferred for complex chemical compositions of waste. Chapter (I) investigates the
use of ceramic materials obtained from natural bentonite clay as immobilizing matrices
for radioactive waste in the form of a LiCl–KCl eutectic resulting from the pyrochemical
reprocessing of used nuclear fuel.

Glasses are amorphous solid materials below the glass transition temperature Tg,
which are typically produced via vitrification (liquid–glass transition) by quickly cool-
ing them from a molten to a solid state to avoid crystallization [13]. Durable glasses of
borosilicate and alumina phosphate families are the worldwide choice for HLW immobi-
lization [3–6,10,14]. The vitrification of LLW and ILW is also deployed by including legacy
and nuclear power plant operational waste [3,10,14]. Chapter (E) provides information on
the HLW vitrification program in China, while Chapter (L) provides information on the
radiation effects in glasses used in Russia. The results presented in Chapter (C) provide
evidence on the enhanced retention properties of glasses in natural waters compared to the
deionized water of testing protocols, whereas Chapter (P) supports the recent trend of using
inhomogeneous glass crystalline materials (GCMs), which provide superior waste loading
and durability compared to homogeneous vitreous materials, as illustrated by Figure 4.

Homogeneous vitreous materials are shown in the lower left corner of the triangle. If
durable crystals such as spinel are allowed to form in the glass, then GCMs (left leg of the
triangle) that have superior waste loading and durability relative to homogeneous glass
can be produced. Fully crystalline materials (ceramics) are shown in the upper corner of
the triangle and are the most durable wasteforms with high waste loadings. However,
the incorporation of certain species (e.g., Mo, Cr, S, and Cl) into glass creates non-durable
secondary phases (lower right corner or triangle) that may have unacceptable durability.

The multibarrier system preventing radionuclide migration into the biosphere includes
natural barriers, which are key factors in the case of HLW disposal, accounting for the
geological timescales needed to retain the long-lived radionuclides (see Figure 3). The
disposal is always the end point of NWM, although it is its integral part [3,15,16]. The
natural barrier materials were analyzed with a focus on the rock structure and migration of
radioactive colloids in Chapter (G), the chemical and thermal impact of nuclear waste on
the minerals in the repository near field in Chapter (J), and the effect of the HLW thermal
load on the sealing characteristics of surrounding geological formations in Chapter (H).

5
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Figure 4. Schematic diagram illustrating the durability and waste loading of GCM wasteforms
relative to homogeneous glass. Reproduced from [6], publicly available.

The technological aspect of NWM at both its predisposal and disposal stages [3] is
analyzed within Chapter (K), focusing on the potential radiation doses associated with
predisposal activities; Chapter (B) provides details on the removal of Cs-137 from alkaline
HLW solutions; and Chapter (O) describes the decontamination of ILW in the form of spent
ion-exchange resins.

Chapter (N) of this Special Issue introduces a novel discipline—nuclear industrial
archaeology—which specializes in finding and characterizing abandoned nuclear sites.

Altogether, the papers published within this Special Issue (Table 1) present evidence on
the progress achieved within NWM, aiming to support the sustainable and safe utilization
of nuclear energy.

3. Conclusions

The Sustainability Special Issue “Nuclear Waste Management and Sustainability” pro-
vides a substantial addition to the literature on nuclear waste management, focusing on the
material aspect and the technologies used.

Author Contributions: Conceptualization, V.A.P., M.I.O. and S.V.Y.; methodology, V.A.P., M.I.O. and
S.V.Y.; validation, V.A.P., M.I.O. and S.V.Y.; formal analysis, V.A.P., M.I.O. and S.V.Y.; investigation,
V.A.P., M.I.O. and S.V.Y.; resources, V.A.P.; data curation, V.A.P., M.I.O. and S.V.Y.; writing—original
draft preparation, M.I.O.; writing—review and editing, V.A.P., M.I.O. and S.V.Y.; visualization, V.A.P.,
M.I.O. and S.V.Y.; supervision, V.A.P. and S.V.Y.; project administration, V.A.P. and S.V.Y.; funding
acquisition, V.A.P. All authors have read and agreed to the published version of the manuscript.

Funding: This work was carried out within the framework of a state assignment for the Institute
of Geology of Ore Deposits, Petrography, Mineralogy, and Geochemistry at the Russian Academy
of Sciences.
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Abstract: The present work describes the results of the removal of cesium by sorbents of various
classes from highly mineralized alkaline solutions simulating the clarified phase of storage tanks
with high-level radioactive waste (HLW) of the Mayak Production Association. Within the scope of
the performed works, inorganic sorbents of the Clevasol® and Fersal brands, as well as resorcinol-
formaldehyde ion-exchange resins (RFRs: RFR-i, RFR-Ca, and Axionit RCs), were used. The sorbents’
characteristics under both static and dynamic conditions are presented. The Fersal sorbent has
demonstrated the best sorption characteristics in the series of sorbents under study. The disadvantage
of inorganic sorbents is the loss of mechanical strength upon cesium desorption, which complicates
their repeated use. It has been demonstrated that RFRs, despite their lower selectivity towards
cesium and adsorption capacity, can be used many times in repeated sorption-desorption cycles. The
latter makes RFRs more technologically attractive in terms of the total volume of decontaminated
HLW. However, RFRs tend to be oxidized during storage, which results in the formation of carboxyl
groups and a decrease in sorption characteristics—this must be further taken into account in the real
processes of liquid radioactive waste (LRW) management.

Keywords: selective sorbents; resorcinol–formaldehyde resin; adsorption; cesium; liquid
radioactive waste

1. Introduction

The necessity to process liquid alkaline high-level wastes (HLW) from storage tanks
of the Mayak Production Association and, subsequently, transfer them to a stable matrix
form is an important and urgent task. To process HLW, schemes were suggested involving
the sorption removal of Cs-137 as the main dose-forming radionuclide of the waste from
the supernatant. After removal of Cs-137, the decontaminated waste can be solidified
by cementation, resulting in solid waste in the intermediate-level category (ILW). The
ferrocyanide sorbent FS-10 was chosen for the selective removal of Cs-137 from HLW [1].
However, the disadvantage of using the FS-10 sorbent consists in the need for preliminary
neutralization of HLW to pH 6–8 due to the fact that sorbents based on poorly soluble
transition metal ferrocyanides undergo destruction in alkaline media [2]. For this reason,
the search continues for sorption materials capable of selectively removing Cs-137 from
alkaline HLW without prior neutralization.

As the above-mentioned sorption materials, one can consider resorcinol-formaldehyde
resins (RFR), which at present are actively used to remove cesium from alkaline radioactive
waste streams [3]. The selectivity of RFR towards some single-charge cations changes as fol-
lows: Na+ < K+ < Rb+ < Cs+ < H+ [4]. This property makes it possible to reversibly remove
cesium from alkaline LRW with subsequent desorption with suitable acid solutions [5–7].

Sustainability 2023, 15, 8734. https://doi.org/10.3390/su15118734 https://www.mdpi.com/journal/sustainability
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The mechanism of cesium adsorption is related to the occurrence of ion exchange on
deprotonated functional groups [8]. The selectivity of ion-exchange resins towards cesium
can be explained by the predominance of the stage of transfer of alkaline metal cations from
the liquid phase of the polymer to its solid phase over the stage of electrostatic binding with
ion-exchange groups [9,10]. Another model explaining the nature of selectivity suggests
that swelling in alkaline media results in an increase in the osmotic pressure in the resin
and, consequently, a tension in the polymer network. Sorption of low-hydration cesium
and rubidium is preferential in comparison with that of sodium and potassium, as it allows
reducing the polymer network tension [11].

Sphere-granulated RFRs (sRFR) became widely used [12–14] due to their advantage of
reducing hydrodynamic resistance as well as greater mechanical strength as compared to
granular ion-exchangers [14–16]. To solve the problem of RFR oxidation in alkaline media,
samples with improved chemical resistance and selectivity to cesium were prepared [7].

Inorganic sorbents can serve as a cheaper and more effective alternative for selective
ion-exchange resins to solve the problem of treating LRW with complex chemical composi-
tion. The Clevasol® sorbent, commercially manufactured by the French company LEMER
PAX Innovative, can be considered as such an alternative. The sorbent is marketed as an
effective material for the removal of radionuclides from solutions in a broad pH range [17].

The Clevasol® sorbent comprises a polymer structure with high selectivity to a number
of cations, especially cesium, silver, and thallium [18]. Due to its mechanical strength and
large particle size, the sorbent can be used under dynamic conditions as a load for adsorp-
tion columns. It was shown that the Clevasol® sorbent effectively removed Cs+ from nitric
acid solutions at concentrations of 1–8 mol/dm3 (Kd for Cs+ greater than 104 cm3/g) [19].
Composite sorbents were prepared by embedding the Clevasol® sorbent particles into the
polyvinyl alcohol (PVA) cryogel [20]. According to the authors, this material can be used
as part of anti-migration barriers due to its high distribution coefficients for Cs+ and Sr2+.
The information on the sorbent composition and a detailed mechanism of the adsorption
process is a commercial secret of the LEMER PAX Innovative company.

The Institute of Physical Chemistry and Electrochemistry RAS, in collaboration with
Komfinservis LLC, has developed a novel inorganic sorbent of the Fersal brand based on
modified nickel ferrocyanide selective to cesium ions. Insoluble ferrocyanides of transition
metals and sorbents on their basis demonstrated good results in the processes of cesium
ion removal. The mechanism of cesium adsorption on ferrocyanides of transition metals
is known in detail and is related to the exchange of potassium and, partially, transition
metals by cesium [21–23]. Despite the fact that the sorption-active phase of a sorbent is
represented by nickel ferrocyanide, earlier performed tests demonstrated the possibility of
cesium removal from alkaline solutions [24].

The above-mentioned materials can be used in the processes of decontamination of
highly mineralized alkaline LRW from cesium. However, to choose the most effective
sorbent in order to optimize the LRW treatment process, it is necessary to compare their
sorption characteristics towards cesium under identical experimental conditions simulating
the real ones to a maximal degree. The earlier published results on cesium removal from
liquid media do not enable one to conduct this comparison since they were obtained under
different experimental conditions using different criteria of efficiency assessment. At the
same time, despite the encouraging prospects of the available sorption materials for HLW
treatment, there is a necessity for a preliminary assessment of the sorption characteristics
and features of the cesium extraction process on the mentioned sorption materials under
practically real-life conditions. The present work was devoted to the study of the physical-
chemical and sorption characteristics of RFRs: RFR-i, RFR-Ca, and Axionit RCs, as well as
inorganic sorbents Clevasol® and Fersal, in order to determine the most promising of them
in terms of the decontamination of alkaline HLW from cesium radionuclides.
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2. Materials and Methods

2.1. Sorbents

The following resorcinol-formaldehyde ion exchange resins were used in the present
work:

- Axionit RCs, the sample was synthesized and provided for experiments by JSC
“Axion—Rare and Noble metals”. Two batches of RFR, synthesized in 2017 (Axionit
RCs 2017) and 2022 (Axionit RCs 2022), respectively, were used in the study.

- RFR-i is an experimental laboratory sample, synthesized and provided for testing
by the Institute of Chemistry of the Far Eastern Branch of the Russian Academy of
Sciences (Vladivostok, Russia).

- RFR-Ca is an experimental laboratory sample with a porous surface morphology,
synthesized and provided for testing by the Institute of Chemistry of the Far Eastern
branch of the Russian Academy of Sciences (Vladivostok, Russia).

The following inorganic sorbents were used in the present work:

- Sorbent of the Fersal brand, an inorganic composite sorbent based on modified nickel
ferrocyanide. According to the X-ray fluorescence analysis data, the sorbent contains
%: N—24.38; O—56.83; Si—9.46; K—0.20; Fe—1.87; Ni—2.86; Cs—3.65. It is supplied
in the K+—form. The cesium sorption proceeds through the exchange of K+ ions in
the sorbent phase with the Cs+ ions in the solution. The sorbent is manufactured by
the LEMER PAX Innovative company, France. A sample for tests was provided by the
official distributor of this sorbent in Russia—Komfinservis LLC (Russia).

- Sorbent of the Clevasol® brand, a macroporous inorganic polymer. According to the
X-ray fluorescence analysis data, the sorbent contains %: B—83.0; O—6.27; Na—0.46;
S—6.86; Cl—3.44. It is supplied in the H+—form. The cesium sorption proceeds
through the exchange of H+ ions in the sorbent phase by the Cs+ ions in the solu-
tion. The sorbent is manufactured by the LEMER PAX Innovative company, France.
A sample for testing was provided by the official distributor of this sorbent in
Russia—Komfinservis LLC (Russia).

Figure 1 shows SEM images of the sorbents under study. Resorcinol-formaldehyde
resins comprise monolithic, glasslike structures. The sorbent Axionit RCs 2022 comprises
regular spherical granules with smooth surfaces. The sorbents RFR-i and RFR-Ca are
represented by granules of an irregular shape with surface chips formed during grinding.
A specific feature of the sorbent RFR-Ca is the presence of micropores formed as a result of
the dissolution of a part of CaCO3 preliminarily introduced into the oligomeric phase at
the initial synthesis stage.

The sorbent of the Clevasol® brand is represented by granules of an irregular shape,
containing large fissures and cracks. Granules of the Clevasol® sorbent are formed through
the agglomeration of smaller particles of irregular and spherical shapes. Granules of the
Fersal sorbent are monolithic and do not contain fissures and cracks. As can be seen on
the insert with large magnification, the surface of the Fersal sorbent granules includes
pores with an average diameter of 5–6.5 μm, which probably ensures high accessibility of
adsorption sites.

The resorcinol-formaldehyde resins Axionit RCs, RFR-i, and RFR-Ca were converted
to a working sodium form prior to the experiments and sequentially treated with the
following under static conditions: HNO3 solution with a concentration of 1 mol/dm3,
distilled water, and NaOH solution with a concentration of 1.0 mol/dm3. Then the sorbents
were washed with distilled water and dried in the air at a temperature of 60 ◦C to a constant
weight. The Clevasol® and Fersal sorbents were preliminary sieved to obtain a fraction of
0.25–0.50 mm and then dried in air at a temperature of 60 ◦C to a constant weight.
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(a) (b) (c) 

  

 

(d) (e)  

Figure 1. SEM images of sorbents, (a) Clevsol, (b) Fersal, (c) RFR-i, (d) RFR-Ca, (e) Axionit RCs 2022.

The bulk weight (dbw, g/cm3) of the sorption materials was calculated by Formula (1):

dbw =
ms

V(dry)
, (1)

where ms is the mass of the sorbent (g) and V(dry) is the volume of dry sorption material
(cm3). The arithmetic mean of the three parallel definitions was taken as the test result, and
the relative discrepancy should not exceed 5%.

The specific volume value (Vspecvol, cm3/g) was calculated by Formula (2):

V(specvol) =
V(svel)

ms
, (2)

where V(svel) is the volume of the swollen sorption material (cm3).
The arithmetic mean of three parallel definitions was taken as the test result, and the

relative discrepancy must not exceed 5%
Table 1 shows the physical-chemical characteristics of the sorption materials; errors

do not exceed 5%. A characteristic difference between ion-exchange resins and inorganic
sorbents is their significant swelling, which increases during the transition from distilled
water to an alkaline model solution and must be taken into account when using this
class of sorption materials. Strong swelling may be accompanied by an increase in the
hydrodynamic resistance of the stationary sorbent layer, as well as the rupture of the
column; therefore, ion-exchange resins were soaked under a layer of distilled water before
the experiment.

12



Sustainability 2023, 15, 8734

Table 1. Physical and chemical characteristics of the studied sorption material.

Indicator
The Value of the Indicator for the Sorbent

RFR-Ca RFR-i Axionit RCs Fersal Clevasol

Granule size (mm) 0.25–1.0 0.25–1.0 0.25–0.80 0.25–3.0 0.25–1.0
Bulk weight (g/cm3) 0.61 0.68 0.82 0.53 0.52

dbw (cm3/g) 1.63 1.47 1.22 1.87 1.92
V(specvol) (cm3/g) 2.73 2.08 3.29 1.87 1.92

V(specvol) in model solution * (cm3/g) 2.87 2.16 3.40 1.87 1.92

* HLW simulated solution.

2.2. Compositions of Model Solutions

The sorption characteristics of Cs-137 were evaluated using model solutions of the
following composition:

• NaNO3 solutions of concentrations at 0.5, 1.0, 2.0, and 3.0 mol/dm3, pH = 13. pH
adjustment was carried out with NaOH solution;

• KNO3 solutions of concentrations at 0.1, 0.25, 0.5, and 1.0 mol/dm3, pH = 13. pH
adjustment was carried out with NaOH solution;

• NaOH + NaNO3 solutions with constant sums of concentrations of NaOH + NaNO3 =
3.5 mol/dm3, containing 0.1, 0.25, 0.50, 1.0, 1.5, and 2.0 mol/dm3 of NaOH and 3.4,
3.25, 3.0, 2.5, 2.0, and 1.5 mol/dm3 of NaNO3;

• Model solution simulating the clarified phase of HLW storage tanks of the Mayak Pro-
duction Association with the following composition, g/dm3: NaOH—100, NaNO3—128,
Al(NO3)3 × 9H2O—82.5 (6.0 by Al), K2CrO4—7.72, CsNO3—0.0733 (0.050 by Cs),
density—1.190 g/cm3 [1].

Model solutions were prepared by dissolving the corresponding salts in distilled water.
Sodium hydroxide was introduced as a concentrated solution.

Prior to the sorption experiments, the model solutions were labeled with Cs radionu-
clide in an amount of about 105 Bq/dm3 and then held for more than 3 days to achieve
equilibrium between the active and inactive components of the solution. The specific
activity of Cs-137 was determined by a direct radiometric method on the 661 keV gamma
line using the SCS-50M spectrometric complex (Green Star Technologies, Russia). The
geometry of the measuring sample was a Petri dish, the sample volume was 20 ± 2 cm3,
the measurement time was 300 s, and the relative error of measuring activity was no more
than 15%.

The C-13 NMR spectra of the polymers in the solid phase were recorded using a Bruker
Avance AV-300 spectrometer (Rheinstetten, Germany) with a proton resonance frequency
of 300 MHz. To record the spectra, the method of rotating samples at a magic angle (MAS)
was used. Tetramethylsilane was used as a standard for carbon nuclei. The chemical shift
reference (CS) was set in a separate experiment. The determination error for chemical shift
(CS) was 0.3 ppm, while for the intensity of the spectral line it was 5% of its area. The
spectra were recorded at 300 K.

2.3. Evaluation of Sorption Characteristics under Static Conditions

Sorption characteristics under static conditions were evaluated as follows: A sample
weight of air-dry sorption material of 0.10 ± 0.01 g was placed in a polyethylene container,
into which 20 cm3 of the model solution was poured (W/T ratio = 200 cm3/mg), after
which it was stirred for 24 h. After that, the solid phase was separated from the solution
by filtering through a white ribbon paper filter, and the specific activity of Cs-137 was
determined in the filtrate.
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Based on the results of the analyses, the values of the distribution coefficient (Kd)
Cs-137 were calculated; see Equation (3).

Kd =
A0 − A(resact)

A(resact)
× V(solut)

ms
, (3)

where A0 and A(resact) are the initial specific activity of Cs-137 in the solution and the
residual activity of Cs-137 in the solution after sorption, respectively (Bq/cm3), and V(solut)
is the volume of the liquid phase (cm3).

The value of static exchange capacity (SEC, mg/cm3) in solutions with a macro con-
centration of stable cesium was calculated using Equation (4):

SEC =
C0 − C(resid) × V(solut)

ms × V(specvol)
, (4)

where C0 and C(resid) are the initial and residual concentrations of cesium in solution,
respectively (mg/cm3).

The measurement error for the confidence probability 0.95 (p < 0.05) was estimated
on the basis of three parallel measurements of the solution gamma-activity using the
one-sample t-criterion.

2.4. Evaluation of Sorption Characteristics under Dynamic Conditions

Sorption characteristics under dynamic conditions were evaluated as follows: First,
3.0 cm3 of the sorption material held under a layer of water for more than 12 h was trans-
ferred to a polypropylene sorption column with an inner diameter of 8.5 mm. Percolation of
the HLW model solution was carried out by a peristaltic pump from Longerpump (China),
model BQ-50J at a speed of 10.0 ± 0.5 cm3/h. The rate of solution percolation was selected
based on the fact that to establish equilibrium under dynamic conditions, the contact time
must be at least 10t0,5, where t0,5 is the time of half-exchange. Based on the data of [25],
the time of half-exchange of cesium ions on selective absorbents is about 1–2 min, so the
contact time must be at least 20 min, which corresponds to the specific filtration rate of
3 BV/h.

Filtrates after the column were collected by fractions, and the residual specific activity
of Cs-137 was determined. Based on the results of the filtrate analysis, the output adsorption
curves were constructed in coordinates f (DF) = BV, where BV is the bed volume calculated
as the ratio of the sorbent volume in the column (cm3) to the volume of the solution being
passed (cm3), and DF is the decontamination factor for dynamic conditions, which was
calculated by the Formula (5):

DF =
A0

A(filtrate)
, (5)

where A(filtrate) is the specific residual activity of Cs-137 in the filtrate (Bq/cm3).
When using an HLW simulated solution containing stable cesium, the dynamic ex-

change capacity up to reaching a given slip (DEC, mg/cm3) was calculated as an integral of
the dependence of the amount of adsorbed cesium on the amount of the fed solution (6).

DEC =
∫ n

0
f

⎛
⎝
(

C0 − C(filtrate)

)
V(i)

V(svel)

⎞
⎠dV(t), (6)

where C(filtrate) is the residual concentration of cesium in the i-th fraction of the eluate
(mg/cm3), V(i) is the volume in the i-th fraction of the eluate (cm3), m is the mass of the
sorbent (g), an dV (t) is the volume of the fed solution (cm3).
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To determine the total dynamic exchange capacity (TDEC, mg/cm3) for the output
curves of cesium adsorption in coordinates f (C(filtrate)/C0) = t, the Thomas model (7)–(9)
was used as follows:

C(filtrate)

C0
=

1
1+e(a−b×t)

, (7)

a =
KTh × TDEC × m

Q
, (8)

b = KTh × C0, (9)

where KTh is the adsorption rate constant (cm3/mg × h), m is the mass of the sorbent (g),
Q is the volume rate of the solution (cm3/h), and t is the duration of the experiment (h).
The experimental data were processed using Veusz software (ver. 3.4) [26].

2.5. Desorption of Cs-137 and Regeneration of Sorbents

After the sorption of Cs-137 from the HLW simulated solution was completed, the
sorbent in the column was washed with distilled water with a volume of 30 cm3 at a
rate of 6–9 cm3/h to remove the residues of the solution. Then a desorbing solution was
fed through the column with the washed sorbent using a peristaltic pump at a rate of
2.5–3.0 cm3/h (0.8–1.0 BV/h). The eluates after the column were collected by fractions,
and the residual specific activity of Cs-137 in them was determined. Based on the results
of the filtrate analysis, the output desorption curve was constructed with the coordinates
Des% = f (BV). The degree of desorption of cesium (Des, %) under dynamic conditions was
calculated by the Equation (10):

Des% =

(
∑i

1 V(el) × C(eluate)

CDEC

)
× 100, (10)

where C(eluate) is the concentration of the cesium in the i-th fraction of the eluate (mg/cm3),
V(el) is the volume of the eluate (cm3), CDEC is the amount of the adsorbed cesium (mg),
and i is the ordinal number of the eluate fraction.

For the repeated sorption of cesium, the RFR-i and RFR-Ca ion exchange resins were
washed with water to remove acid residues and treated with a 1.0 M NaOH solution to
transform them into sodium form. The volume of a 1.0 M NaOH solution was 30 cm3, and
the transmission rate of the solution was 2.5 cm3/h.

Under dynamic conditions, the error with the confidence probability 0.95 (p < 0.05)
for a single measurement of the solution gamma-activity was determined using the
Equation (11).

SD =

√
n

t
× 1.96 (11)

where n is the quantity of registered impulses and t is the measurement time (min).

3. Results and Discussion

Figure 2 shows the results for the values of the Cs-137 distribution coefficients and the
static cesium capacity for various sorbents during sorption from a model HLW solution
containing a stable cesium isotope in macro concentrations. Based on the results obtained,
the efficiency of the sorption materials in terms of cesium removal from the HLW simulated
solution under static conditions can be put in the following order: Fersal > RFR-i > Axionit
RCs 2022~RFR-Ca > Axionit RCs 2017 > Clevasol®. One should mention that the storage of
Axionit RCs ion exchange resin for 5 years led to a decrease in SEC by 10% and Kd Cs-137
by 25% due to oxidation processes that negatively affected sorption characteristics [27]. In
order to exclude the oxidation of RFR for a long time, the storage must be carried out in an
inert nitrogen atmosphere at a pressure of 0.26 bar [28].
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(a) (b) 

Figure 2. Sorption-selective characteristics of the sorption materials under study in the HLW simu-
lated solution: (a) SEC, (b) value of Kd Cs-137.

The dependencies of the values of the Cs-137 distribution coefficients on the studied
sorbents on the concentration of NaNO3, KNO3, and NaOH are shown in Figure 3. For
the Axionit RCs 2022 ion exchange resin, curves are not presented since its sorption
characteristics are similar to those of RFR-Ca. According to the presented results, when the
concentration of NaNO3 and KNO3 increases, the values of Kd Cs-137 naturally decrease
due to an increase in competitive adsorption. In NaNO3 solutions, the highest values of Kd
Cs-137 were obtained for the sorbents Fersal, RFR-i, and RFR-Ca. One can note that, in the
presence of Na+ ions, the values of Kd Cs-137 for different sorbents are similar except for
Clevasol® and Axionit RCs 2017. K+ ions manifest a greater competitive effect than Na+,
thus reducing the Kd Cs-137 values by 0.5 orders of magnitude on average. The exception
is the Fersal sorbent, whose efficiency is equally high in both NaNO3 and KNO3 solutions
due to its extremely high selectivity towards Cs+ ions. With an increase in the concentration
of NaOH, the Kd Cs-137 value for the Fersal sorbent gradually decreases, while for the
ion-exchange resins Axionit RCs, RFR-I, and RFR-Ca, on the contrary, the efficiency of
Cs-137 extraction increases. This is related to an increase in the degree of deprotonation of
functional hydroxyl groups as the concentration of hydroxide ions increases [11].

Figure 4 shows the output curves of the dependence of the decontamination factor
on the volume of the fed solution (bed volumes). The sorption characteristics of RFR-I
and RFR-Ca ion exchange resins were additionally tested in three consecutive sorption
cycles (Figure 3b). The dependence curves f (DF) = BV were interpolated by the Akima
spline, which was later used to determine the number of bed volumes fed before reaching
a preset cesium breakthrough into the filtrate. For the sorbents Fersal, RFR-I, and RFR-Ca,
50% cesium breakthrough was calculated using the Thomas model (Equation (7)), since the
obtained curves of the efficiency of Cs-137 extraction from the model HLW solution did not
reach the set values.

To understand the processes of oxidation of RFRs during storage in air, NMR spectra
of C-13 (Figure 5) were obtained, as well as those of RFR-I, which was stored in H-form in
plastic containers for 6, 15, and 21 months.

Table 2 shows the values of chemical shifts and the corresponding peak areas. Relative
integral intensities of the spectrum components were determined by fitting a calculated
resonance line to the experimental one using the least squares method by means of inde-
pendently developed software.
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(a) (b) (c) 

Figure 3. Dependence of the distribution coefficient of Cs-137 on the concentration of (a) NaNO3,
(b) KNO3, (c) NaOH.

  
(a) (b) 

Figure 4. Curves of the dependence of the decontamination factor on the volume of the fed model
solution: (a) sorbents Fersal, Clevasol®, Axionit RCs 2017, Axionit RCs 2022, (b) removal of Cs-137 in
three repeated sorption cycles on RFR-I and RFR-Ca.
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(a) (b) 

Figure 5. C-13 NMR spectra of RFRs; (a) RFR-i, (b) Axionit RCs, 1—RFR-i stored for 6 months,
2—RFR-i stored for 15 months, 3—RFR-i stored for 21 months, 4—Axionit RCs 2017, 5—Axionit RCs
2022. Asterisks mark the spinning sidebands.

Table 2. Values of chemical shifts and corresponding peak areas on the C-13 NMR spectra of the RFRs.

Organic
Group

RFR-i Stored for
21 Months

RFR-I Stored for
15 Months

RFR-I Stored for
6 Months

Axionit RCs 2018 Axionit RCs 2022

Area (%) * CS, ppm * Area (%) CS, ppm Area (%) CS, ppm Area (%) CS, ppm Area (%) CS, ppm

-CH2-(4,6′) 12.9 19.3 11.1 19.2 13.2 24.3 10.8 19.6 10.6 21
-CH2-(4,2′) 10.4 29.1 13.6 28.3 8.2 32.7 7.5 29.1 9.5 30.2
-CH2-C6H6 - - - - - - 6.7 40.2 7 42.1

-CH2OH 8 50.6 6.5 52.2 10 56.2 5.9 51.7 6.8 53.8
hemiformals - - - - - - - - 2.1 91

C2, C6 2.7 105 3.9 104.8 6.7 106.6 - - - -
C4 32.3 117.9 22.1 120.8 26.9 120.1 31 117.6 29 119.2
C5 12.2 131.4 15.6 129.9 14.8 129.5 12.9 131.4 10.4 130.7

>C=C< - - - - - - 3.7 141 4.6 140.7
C1, C3 17.5 151.8 23.2 151.2 15.4 154.2 16.4 151.2 16.6 151.7

R-COO-,
>C=O 4.1 160.1 4.1 159.1 4.7 160.9 5.1 160.2 3.3 158.2

* Errors for the area fractions and CS values are ±2% and 0.3 ppm, respectively.

The C-13 NMR spectra of RFR-i and Axionit RCs revealed characteristic features
indicating a change in the molecular structure of ion-exchangers during storage. Axionit
RCs are characterized by the presence of an additional peak around 90.6 ppm related to
hemiformals [29], which, however, disappears during storage, probably due to oxidation
processes. In the spectrum of Axionit RCs, there are peaks around 42.1 and 140.9 ppm,
which were not described in the works on RFRs and can be attributed to the benzyl-
methylene radical [30] and alkenes [31], respectively. The presence of these peaks can be
explained by the impurities in the form of organic compounds used as an emulsifier to
produce spherical resin granules.

RFR-i is characterized by the presence of a peak around 106 ppm, which can be related
to the carbon of the aromatic ring of resorcinol both at the C2 position not associated with
the methylene bridge and at the C6 position [32]. The area of this peak gradually decreases
during the storage of ion-exchange resin, which can be explained by the formation of
para-quinone during oxidation with oxygen in the air [33].
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A common feature of both ion exchange resin samples is a peak around 160 ppm,
which appears after 21 months of storage. This peak is presumably determined by the
formation of quinone and carboxylate groups [33,34]. The formation of carboxylates and
quinones during oxidation is probably one of the main reasons for the decrease in the
efficiency of Cs-137 extraction by RFRs.

Therefore, the negative effects of the RFR oxidation process are more pronounced
under dynamic conditions, making it impossible to use resin as a sorption load in columns.
Thus, during the decontamination of alkaline LRW, it is necessary to use fresh batches of
RFR, and the long-term storage must be carried out in an inert atmosphere.

According to the volume of the fed model solution before attaining the 50% cesium
breakthrough into the filtrate (DF 2, Table 3), the order of sorbents changes and looks as
follows: Fersal > RFR-i > RFR-Ca~Axionit RCs 2022 > Clevasol®. This can be explained by
the fact that, at high SEC values (Figure 2a), the efficiency of cesium removal by RFR-i resin
at the initial stage is presumably limited by mass transfer in the grain volume.

Table 3. The number of bed volumes of the solution passed before reaching the preset cesium
breakthrough into the filtrate.

Removal
Efficiency

Axionit
RCs
2022

Axionit
RCs
2017

Clevasol® Fersal

RFR-i RFR-Ca

Adsorption Cycle Adsorption Cycle

% DF 1 2 3 1 2 3

99 100 41 ± 2 0 22 ± 1 127 ± 6 30 ± 1 45 ± 2 89 ± 4 44 ± 2 31 ± 2 29 ± 1
95 20 56 ± 3 9 ± 0.5 27 ± 1 160 ± 8 50 ± 3 65 ± 3 157 ± 8 53 ± 3 40 ± 2 37 ± 2
90 10 63 ± 3 10 ± 0.5 32 ± 2 177 ± 9 63 ± 3 78 ± 4 195 ± 9 57 ± 3 45 ± 2 42 ± 2
50 2 83 ± 4 13 ± 0.5 45 ± 2 237 ± 12 * 117 ± 6 * 153 ± 8 298 ± 15 * 77 ± 4 73 ± 4 59 ± 3

* Values calculated using the Thomas model.

The disadvantage of the Fersal and Clevasol® sorbents is the loss of mechanical
strength during the desorption of cesium, which makes it impossible to reuse them. Gran-
ules of the ion-exchange resins RFR-i and RFR-Ca after desorption remained in their original
form and were used for the resorption of cesium.

Figure 6b shows the output sorption curves of Cs-137 on the ion exchange resins RFR-I
and RFR-Ca during the first, second, and third sorption cycles. During three repeated
sorption-desorption cycles using RFRs, changes in sorption characteristics are observed
(Table 3). For RFR-Ca, there is a decrease in the volume of the solution fed before reaching a
preset cesium breakthrough into the filtrate due to oxidation at low percolation rates of the
model HLW solution. On the contrary, for RFR-I, an increase in the sorption resource was
observed, which was associated with the gradual transition of the ion-exchange resin to the
operating mode. This transition can be associated with a number of reasons, such as the
gradual removal of potassium ions [35], non-reacted reaction products from the polymer
matrix, and an increase in the mass transfer rate in the bulk of the resin grain.

To calculate the theoretical value of TDEC, we used the output curves of the depen-
dence f (C/C0) = t (Figure 6), which were approximated by nonlinear regression using the
Thomas equation (Equation (7)). Table 4 shows the calculated parameters of the Thomas
model equation for the sorbents Fersal, RFR-I, and RFR-Ca. The coefficient of determina-
tion exceeds 0.95, which indicates a good agreement of the experimental values with the
Thomas model.
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(a) (b) 

Figure 6. Dependence curves of C/C0 on time: (a) sorbents Fersal, Clevasol®, Axionit RS 2017,
Axionit RS 2022, (b) extraction of Cs-137 in three repeated sorption cycles on RFR-I and RFR-Ca; the
dotted lines are curves obtained by the nonlinear regression equation of the Thomas model.

Table 4. Calculated parameters of the Thomas model equation.

Parameters of the
Thomas Equation

RFR-Ca RFR-i

FersalAdsorption Cycle Adsorption Cycle

1 2 3 1 2 3

a 7.7 ± 0.5 5.3 ± 0.3 7.8 ± 0.3 5.4 ± 0.2 4.3 ± 0.2 6.3 ± 0.4 9.1 ± 0.3
b 0.43 ± 0.03 0.24 ± 0.01 0.33 ± 0.01 0.15 ± 0.01 0.09 ± 0.01 0.7 ± 0.1 0.13 ± 0.01

R2 0.9961 0.9909 0.9972 0.9891 0.9886 0.9125 0.9943
KTh (cm3/mg × g) 8.69 4.79 6.55 3.03 1.84 1.42 2.54

For the Clevasol® and Axionit RCs sorbents, as the volume of the fed solution increases,
the value of the ratio C0/C begins to exceed one (Figure 6a), which indicates the desorption
process, presumably associated with the chemical destruction of the sorbents. For this
reason, the Thomas model was not used for cesium output curves obtained with Clevasol®

and Axionit RCs sorbents.
The presence of a macro concentration of a stable isotope of cesium in the LRW imposes

high requirements for the sorption materials in regard to the value of the dynamic exchange
capacity. The latter is caused by the fact that, despite the high selectivity of the sorption
materials for cesium, along with a decrease in the value of the dynamic exchange capacity,
the volume of liquid waste decontaminated from cesium will also decrease.

To calculate the total dynamic exchange capacity, the experimental values were ex-
trapolated to the values of total cesium saturation using the Thomas equation with the
parameters given in Table 3. Figure 7 shows the theoretical integral curves obtained for the
saturation of sorbents with cesium under dynamic conditions.
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Figure 7. Integral curves of the adsorption of cesium from the HLW simulated solution.

Table 5 shows the calculated values of the dynamic exchange capacity before attaining
a preset cesium breakthrough into the filtrate, as well as the theoretical values of the total
dynamic capacity. According to the results obtained during the first cycle, the Fersal sorbent
has the largest capacity for cesium among the other investigated sorption materials.

Table 5. Values of the dynamic exchange capacity (mg/cm3) before reaching a preset cesium break-
through into the filtrate, and values of the total dynamic exchange capacity calculated using the
Thomas model.

Removal
Efficiency

RFR-Ca RFR-i

Axionit
RCs 2022

Clevasol Fersal

% DF
Adsorption Cycle Adsorption Cycle

1 2 3 1 2 3

99 100 2.1 ± 0.1 1.5 ± 0.1 1.4 ± 0.1 1.5 ± 0.1 2.2 ± 0.1 2.2 ± 0.1 2.5 ± 0.1 1.0 ± 0.1 6.2 ± 0.3
95 20 2.6 ± 0.1 1.9 ± 0.1 1.8 ± 0.1 2.4 ± 0.1 3.1 ± 0.2 7.6 ± 0.4 1 2.9 ± 0.1 1.2 ± 0.1 7.8 ± 0.4
90 10 2.8 ± 0.1 2.2 ± 0.1 2.0 ± 0.1 3.0 ± 0.1 3.8 ± 0.2 9.3 ± 0.4 1 3.2 ± 0.2 1.5 ± 0.1 8.6 ± 0.5
50 2 3.4 ± 0.2 3.0 ± 0.2 2.5 ± 0.1 5.0 ± 0.3 1 6.31 ± 0.3 13.1 ± 0.8 1 3.8 ± 0.2 1.9 ± 0.1 10.8 ± 0.5 1

TDEC 3.8 ± 0.2 1 3.5 ± 0.2 1 2.8 ± 0.1 1 5.8 ± 0.3 1 7.61 ± 0.4 14.7 ± 0.8 1 4 ± 0.2 1 2 ± 0.1 2 11.7 ± 0.4 1

1 The value calculated using the Thomas model. 2 Maximum value before desorption.

The RFR-Ca resin is characterized by a decrease in the theoretical value of TDEC,
which is associated with chemical and physical degradation, whereas the accumulation
of ionizing radiation dose can also intensify this process [36]. RFR-I, with the number of
adsorption cycles increasing, is characterized by an increase in the theoretical value of
TDEC, which, at the third adsorption cycle, is comparable to the value obtained for the
Fersal sorbent. This indicates the high chemical stability of the RFR-I ion exchange resin
and its gradual transition to operating mode. The increase in the total dynamic exchange
capacity can also be explained by an increase in the number of exchange groups due to the
oxidation of methyl groups to carboxyl groups [37].

Solutions of HNO3 were used for the desorption of Cs-137. One should mention
that, at room temperature, 2.0–3.0 M solutions of HNO3 lead to changes in RFR after
24 h due to its nitration [38]. Nitration of RFRs with 0.5–1.0 M HNO3 solutions occurs
when heated to 55 ◦C or after prolonged exposure for 70 days [38,39]. Nitration of RFRs is
accompanied by the destruction of the polymer matrix as well as a decrease in the sorption
capacity [40]. Therefore, in terms of the volume of the desorbing solution consumed, the
time of desorption, and the destruction of the polymer matrix, the optimal concentration
of the HNO3 solution is 1.0 mol/dm3 [6]. The solution of HNO3 at a concentration of
7.5 mol/dm3 was used as a desorbing solution for the sorbents Fersal and Clevasol®.
The rate of feeding of the desorbing solution was 2.3 cm3/h (0.77 BV/h). The curves of
desorption of Cs-137 from various sorbents are shown in Figure 8.
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(a) (b) 

Figure 8. Cs-137 desorption: (a) integral desorption curves, (b) output desorption curves. Desorbing
solutions: 7.5 mol/dm3 HNO3 used for Fersal and Clevasol® sorbents, 1.0 mol/dm3 HNO3 used for
RFRs sorbents.

Ion-exchange resins have an advantage over inorganic sorbents in requiring solutions
with lower concentrations of HNO3, which is important for reducing the corrosion of
equipment. The curves obtained for ion-exchange resins RFR-I and RFR-Ca indicate a wide
desorption front. This feature could be associated with a low mass transfer rate inside the
resin grain or a significant decrease of the resin volume due to a large difference between
bulk weight and specific volume value, which leads to sorbent compaction in the column,
thus preventing the normal flow of the desorbing solution. Despite some differences, the
results presented in Figure 8 show that, with the exception of the Fersal sorbent, when
10 bed volumes of the HNO3 solution are fed, the desorption efficiency exceeds 99%, which
is consistent with the known published data [3].

4. Conclusions

The sorption characteristics of resorcinol-formaldehyde resins Axionit Cs, RFR-i, and
RFR-Ca as well as inorganic sorbents of Clevasol® and Fersal brands towards cesium
ions in model-simulated solutions of high-level alkaline waste streams from the Mayak
Production Association have been evaluated. The studied sorbents can be arranged in the
following order in terms of their sorption characteristics in the HLW simulated solution
under static conditions: Fersal > RFR-i > Axionit RCs 2022~RFR-Ca Axionit RCs 2017
Clevasol. The Fersal sorbent is characterized by the highest selectivity towards cesium ions.
Along with the increase in NaOH concentration in solution, the efficiency of the Fersal
sorbent decreases, whereas that of resorcinol-formaldehyde resins increases. It has been
demonstrated that, under dynamic conditions, the resource of the Fersal sorbent until the
1% cesium breakthrough is a minimum 2.5-fold larger in comparison with other sorption
materials. The disadvantage of inorganic sorbents consists of a loss of mechanical strength
upon cesium desorption by a 7.5 M solution of HNO3. Using RFRs, cesium can be desorbed
by a 1 V solution of HNO3 without a loss of the granule’s mechanical strength. Within three
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repeated sorption-desorption cycles, RFR-i has the best values of resource and full dynamic
exchange capacity, as compared with the porous RFR-Ca. A common disadvantage of
RFRs is worsening of sorption characteristics as a result of oxidation accompanied by the
formation of quinone and carboxylate groups. Based on the obtained results, one can
conclude that in the decontamination of high-level wastes in the storage tanks of the Mayak
Production Association, the sorbent of the Fersal brand and the resorcinol-formaldehyde
resin RFR-I can be used. However, taking into account repeated use in sorption-desorption
cycles and the total amount of the decontaminated HLW, resorcinol-formaldehyde resins
can turn out to be more preferential.
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Abstract: Chemical degradation of borosilicate glass doped with 238Pu was modelled in conditions
of a failed underground radwaste repository in granite host rock with bentonite buffer material
after penetration of aqueous solutions at temperature of 90 ◦C. The total duration of the experiment
exceeded two years. It is shown that wet bentonite preserved its barrier function and prevents
migration of plutonium to the solution. The total amount of plutonium adsorbed on bentonite clay
during the experiment did not exceed 0.02% of the initial amount of plutonium in the glass sample.
Estimated accumulated dose of self-irradiation of the glass sample after the experiment varies from
3.16 × 1015 to 3.39 × 1015 α-decays per gram, which is equivalent to more than 1000 years storage of
239Pu doped sample with the same Pu content. Beishan granite remained intact, with no evidence of
Pu penetration into the granite matrix along mineral grain boundaries.

Keywords: plutonium; bentonite; leaching; alteration; granite; waste

1. Introduction

Effective development of nuclear energy is strongly depending on implementation of
safe and sustainable solutions on each stage of the nuclear fuel cycle, from uranium mining
to waste treatment. Treatment of radioactive wastes containing long-lived actinides is an
extremely important issue in terms of sustainability, since all the decisions made in this
field will be affecting next generations for thousands of years. Final disposal of highly-
radioactive waste is one of the most challenging issues in both open and closed nuclear fuel
cycles. Two basic strategies are considered for high-level radioactive waste management
in the closed nuclear fuel cycle. Nuclear waste streams after the fuel reprocessing can be
treated by a solidification technology like vitrification or immobilization into crystalline
ceramic matrix. Another approach suggests partitioning the waste to separate long-lived
actinides and other relatively short-lived fission products followed by immobilization
in more targeted ceramic or glass-ceramic matrix [1–3]. In both cases, deep geological
disposal is considered for the final stage of the nuclear fuel cycle. A common well-known
international approach to the immobilization of highly radioactive wastes (HLW) is based
on their vitrification [1] followed by deep geological disposal. A suitable site for the long-
term safe geological disposal has to meet set of requirements such as stable geological
and hydrogeological settings (including their eventual changes in future), acceptable
construction and engineering conditions, low human activities and land use, environmental
protection, and good logistics. Among several types of geological formations suitable for
the HLW repository, granite rock is one of the most promising candidates because of
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its good mechanical properties and low permeability. A repository in granite rocks is
considered in many countries operating underground research facilities (Finland, Sweden,
Czech Republic, Switzerland, Republic of Korea) or constructing them (China, Russia). A
deep geological repository relies on multi-barrier concept comprising several geological and
engineering barriers to minimize the migration of radionuclides during the intended period
of disposal, lasting up to 1 million years. A swelling clay, for example, a bentonite buffer, is
an important engineering barrier suggested for placement around metal containers filled
with the vitrified HLW [4]. This barrier, so-called “buffer” zone, has very low permeability
and can protect the waste canister during the rock movements. Bentonite has a high
capacity for physical sorption of radionuclides and pronounced swelling upon contact
with water helps suppressing migration of underground fluids coming from cracks in
the host rock. However, the protective properties of bentonite can weaken because of
physical and chemical factors affecting it under hydrothermal conditions of a geological
repository. The effect of the bentonite degradation is determined by the presence of water
and temperature conditions.

Despite all the components in the multibarrier concept being considered simultane-
ously, every single barrier material has to meet the safety requirements and acceptance
criteria. For each candidate repository site, the safety case studies should include numeri-
cal modeling, long-term geological and geochemical investigation, small-scale laboratory
experiments, and large-scale experiments in underground research facilities. It is critically
important to take into account complex radiation effects affecting a HLW matrix behavior
in contact with steel, bentonite, host rock, and underground water. These effects include
chemical degradation of the glass matrix, thermal and radiation damages in bentonite,
and local change of reducing and oxidizing conditions due to water radiolysis. Since
experiments with real vitrified HLW are expensive and complicated, information about the
long-term behavior of highly radioactive glass under self-irradiation and contact with water
is very limited [5–10]. However, it was reported earlier that the chemical alteration of a real
highly radioactive glass doped with 238Pu in water is much more intense in comparison
with a simulated non-radioactive glass of similar chemical composition; pronounced glass
degradation is observed [9,10].

Radiation effects in bentonite and other clay materials had been studied mainly in
terms of the stability of clay materials under external gamma-irradiation [9–11]. It was
shown that bentonite has high radiation stability and preserves crystallinity with no sig-
nificant changes in its structure at accumulated doses as high as 3 × 1010 rad at room
temperature and at 3.5 × 109 rad at 300 ◦C [12,13]. However, the radiation stability of
bentonite under external and internal alpha-irradiation is still unclear. It is expected, that
under radiation damage from α-particles the lattice of montmorillonite—a basic mineral
of a bentonite clay—can be fully amorphised. As a consequence of this process, the sorp-
tion capacity of newly formed products of the montmorillonite destruction can decrease
dramatically in comparison with the fresh bentonite. Radiolysis of water may chemically
destroy montmorillonite as well. In addition, water radiolysis decreases the pH level in
the system which leads to bentonite degradation and changes in montmorillonite chem-
ical and physical properties such as structure, composition, morphology, and sorption
capacity [14–16].

Alteration of a highly radioactive glass surrounded by water-saturated bentonite is
a complex process and can be properly addressed only in dedicated experiments. The
presence of granite parent rock in the vitrified HLW repository adds additional uncertainty
to the modeling of the long-term behavior of all components [17]. For simplification, we
consider the interaction between granite, bentonite, metallic container, vitrified waste,
and water as a static system. In this case, migration of radionuclides will be limited by
ion diffusion along the grain boundaries in granite rock. However, in a long term (up to
100,000 years period), we should consider the formation of the cracks in the granite host
rock and the convective transport of radionuclides along the cracks. In this case, the cracks
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will play a main role in the transport of the long-lived actinides in ionic or colloidal forms
and their migration into the biosphere [18].

Experiments with trace amounts of radionuclides were performed in several under-
ground research facilities (URF) [19–21], however, experiments with real vitrified radioac-
tive waste were not yet performed in URF. Up to now, laboratory scale leaching and
alteration tests is the only possibility to study complex interactions between the solidified
waste, buffer, and host rock in static and dynamic conditions. Long-term experiments are
very important for prediction of features of the Pu sorption behavior such as reaching the
sorption equilibrium and process of Pu(V) reduction on montmorillonite clay [22].

The main objective of this work is to study the long-term behavior of a borosilicate
glass doped with 238Pu in the system “water—bentonite buffer—granite host rock”. High
specific α-activity of this isotope dramatically accelerates rate of radiation damage and,
with certain caution, allows projection of the current results to relatively long periods. The
results obtained may contribute to clarifying the model of radionuclide migration from
corroded containers filled with vitrified HLW under conditions of a geological repository
located in the granite massif.

2. Materials and Methods

The experiment is designed to simulate ageing of the Pu-bearing glass matrix in
conditions of a failed container placed into a deep geological repository (DGR). In this
experiment, we neglect the contribution of a metal container and model the situation when
groundwater equilibrated with bentonite accessed the vitrified waste, e.g., via a crack or
corrosion pit in the metal cask.

2.1. Pu-Doped Highly Radioactive Glass Synthesis
238Pu-doped glass was used for the experiment as a simulated vitrified waste sample.

238Pu isotope dramatically accelerates the radiation damage rate in comparison with 239Pu
because of its shorter half-life (88 years) and higher specific activity (6.32 × 1011 Bq/g for
238Pu and 2.2 × 109 Bq/g for 239Pu). Thus, using 238Pu, more pronounced aging of the
glass can be achieved in a shorter period of time; more extensive radiation damage of the
surrounding bentonite can be expected as well. The Pu-doped borosilicate glass has been
synthesized in 2016 [9,10] by melting the oxide mixture with a suitable frit at temperature
of 1400 ◦C for 2 h in air atmosphere (Figure 1). The glass was doped with 0.42–0.45 wt. % of
238Pu (recalculated to Pu metal) to accelerate radiation damage in the glass matrix; Eu2O3
was added to simulate the presence of trivalent lanthanides. The chemical composition of
the glass is presented in Table 1. After the synthesis, the crucible with the glass sample
was broken and one solid fragment of the glass (1216 mg) was used for the experiment
(Figure 1).

Table 1. The chemical composition of 238Pu-doped borosilicate glass used for experiment.

Element/Oxide Content, wt. %

SiO2 47.86
Na2O 14.60
B2O3 21.20
Al2O3 6.84
Eu2O3 3.02
CaO 5.87

PuO2 (all isotopes) 0.58–0.65
238PuO2 0.47–0.53

238Pu (as metal) 0.42–0.45
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Figure 1. Sample of the borosilicate glass doped with 238Pu prior to the experiment.

As the Pu-doped glass sample was synthesized two years before the experiment, it
has already suffered radiation damage. For evaluation of number of alpha decays, we
used Pu content of 0.42 wt. % as a minimum and 0.45 wt. % as a maximum content
values. Then, for the initial glass sample (1216 mg) the Pu content varies from 5.11 to
5.47 mg of 238Pu per whole sample. Using 238Pu specific activity we can recalculate this
content as (3.23–3.46) × 107 Bq per sample. For the entire storage period (22 months) the of
self-irradiation dose can be estimated in a range from 1.51 × 1014 to 1.62 × 1014 α-decays
per gram of the sample.

After two years of the experiment, the total accumulated dose of self-irradiation
naturally increased and can be estimated in a range from 3.16 × 1015 to 3.39 × 1015 α-
decays per gram of the sample. Mass loss caused by Pu leaching during the experiment
was neglected in this estimation. The dose of self-irradiation calculated above is equivalent
to the one accumulated by the sample doped with 0.45 wt. % of 239Pu after more than
1000 years of storage.

2.2. Granite Rock

A sample of granite rock from the Beishan area of Gansu Province, China was used
for the experiment. This sample represents the actual host rock of emerging Beishan HLW
geological repository in China. Magmatic granites of the Beishan area mainly possess
granitic and porphyritic structures. The rock body is characterized by batholiths, stocks,
dykes, etc. According to surface geological mapping and boreholes investigations, the
main rock types of the planning DGR are biotite monzonitic granite and biotite granodior-
ite [23]. The mineralogical and chemical compositions of Beishan granite are presented in
Tables 2 and 3, respectively.
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Table 2. Mineralogical composition of Beishan granite rock and Gaomiaozi (GMZ) Na-bentonite used
for experiment, wt. %.

Mineral Beishan Granite [24] Bentonite GMZ [25]

Microcline 46.14 -
Albite 27.50 -
Biotite 15.65 -
Quartz 8.50 11.7

Cordierite 1.33 -
Amesite 0.89 -

Montmorillonite - 75.4
Cristobalite - 7.3

Feldspar - 4.3
Kaolinite - 0.8
Calcite - 0.5

Table 3. Chemical composition of Beishan granite rock and Gaomiaozi (GMZ) Na-bentonite used for
experiment, wt. %.

Oxide Beishan Granite [24] Bentonite GMZ [25]

SiO2 57.78 67.43
Al2O3 15.42 14.20
Fe2O3 4.07 2.40
Na2O 2.54 1.75
CaO 3.25 1.13
K2O 6.15 0.73
FeO - 0.29
TiO2 0.79 0.12
MgO 2.12 0.10
MnO - 0.02
P2O5 0.96 0.02
SrO 0.13 -

Loss of ignition 6.45 11.38

2.3. Bentonite Clay

A sodium bentonite powder from the Gaomiaozi (GMZ) deposit was used for the
experiment. The GMZ bentonite is a Na-montmorillonite clay that was formed in the
late Jurassic period. The formation of bentonite clay was caused by mineralization due
to interaction with groundwater and weathering of newly formed volcanic deposits. The
experimental samples of bentonite were excavated from a large clay deposit located in
Inner Mongolia Chinese autonomous region, around 300 km northwest of Beijing. The
deposit may contain up to 160 million tons of clay materials [24]. The high content of
montmorillonite leads to a high cation exchange capacity (CEC = 77.30 meq/100 g), a
large plasticity index (Ip = 275), and large specific surface area (S = 570 m2/g). The major
exchangeable cations are Na+, Ca2+, Mg2+ and K+ [25,26].

A sample of the initial bentonite was received in form of a homogeneous powder, with
a soft texture and waxy appearance. The mineralogical and chemical composition of GMZ
bentonite is presented in Tables 2 and 3, respectively.

2.4. Leaching Solution

The distilled water was used as a leaching solution to allow a comparison of the results
of the Pu-doped glass alteration in a water-saturated bentonite with previously published
results on Pu-bearing glass leaching and alteration mostly performed in distilled or deionized
water. Taking into account relatively long duration (2 years) and high temperature (90 ◦C) of
the experiment, it was supposed that the initial distilled water will be saturated with chemical
elements from granite and bentonite during the granite-bentonite-water interaction.
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The experimental design is presented in Figure 2. The experiment was performed
according to the following scheme:

- A small amount (15–20 g) of water saturated (wet) bentonite clay was placed into
granite block 70 × 70 × 125 mm in size.

- A chip of the 238Pu-doped glass (weight 1216 mg) was placed into the wet bentonite
mass inside the container. The thickness of the bentonite layer around the glass sample
was about 15–20 mm (Figure 2).

- The granite container was filled with distilled water up to the 10–20 mm above the
bentonite surface, sealed with TeflonTM lid, placed into a stainless steel clamp and
tightened (Figure 3a).

- After that, the clamped container was immersed into a TeflonTM case filled with water
(Figure 3b) and sealed with a screw cap. The sealed container was placed into a
thermostatic oven maintaining a temperature of 90 ◦C for 2 years.

 

Figure 2. Preparation of the experiment: (a)—the Pu-doped borosilicate glass surrounded by wet
bentonite inside the granite container; (b)—view after sealing filling with bentonite.

 

Figure 3. 3D model of the complete experimental setup. (a) virtual cross-section of the experimental
assembly. (b) virtual top view of the clamped granite container in a protective TeflonTM vessel.

Every 6 months sampling of ~5 mL of the leachate solution from the granite container
was performed and an equivalent amount of distilled water was added after the sampling.
The aqueous solution between the granite container surface and the inner wall of TeflonTM

cask was also sampled every 6 months to control eventual plutonium release through gran-
ite. The sampled solutions were centrifuged at 4500 rpm for 10 min and separated liquid
phase was analysed by alpha- and gamma-spectrometry (Canberra-7401 and multichannel
analyser DSA-1000 with Ge-detector, Canberra, respectively).
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After completion of the experiment, the granite container was cut with a saw and a
cross-section was put into direct contact with a Retina XBM film for 2 months. Wet bentonite
was mechanically extracted from the container, intermixing of the bentonite layers was
avoided as much as possible, see below. The extracted bentonite was examined with X-ray
powder diffraction using Empyrean or Aeris diffractometers operated with Cu-Kα radiation
in reflection (Bragg-Brentano) geometry. The sample was placed on a zero-background Si
holder or, in case of abundant initial (reference) material, was backloaded. Note that the
initial bentonite sample was analysed in fully dry state, whereas the bentonite from the
container was measured both in partly wet state and after overnight drying at ambient
conditions; deep drying was not performed to minimise amounts of radioactive dusting.
Comparison of the same sample measured in wet and “dry” conditions show similarity of
the diffraction patterns with exception of position of the reflection corresponding to the
basal plane of montmorillonite, which shifts considerably. Of course, the presented results
are only qualitative, since no attempts to separate clay minerals was attempted.

3. Results

The Pu content in the leachates is presented in Table 4. The lack of data after the first
6 months is due to the full water consumption in the granite container by the bentonite
(Figure 4a).

Table 4. Results of Pu α-spectrometry measurements of water solution inside and outside the granite
container during the experiment.

Sample
Pu Content, Bq/mL

6 Months 12 Months 18 Months 24 Months

Water sample from the inner
space of granite container No data 50–110 <50 <50

Water sample from outside area
of granite container <10

 

Figure 4. Photo of the wet bentonite inside granite container after 6 months (a) and 2 years (b) of the
experiment at temperature 90 ◦C.

After two years of the experiment (Figure 4b) all water above the bentonite surface
was removed and the bentonite was extracted layer by layer with a thickness of about 1 cm
each (Figure 5). The glass sample was washed in distilled water and dried in air. Both
inner and outer surfaces of the granite container were carefully washed, and the container
was sawn across into several fragments using a low-speed saw. All surfaces of the granite
samples used for further radiography tests were carefully ground and washed.
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Figure 5. Scheme of the bentonite removal and sampling areas.

XRD patterns of initial dry bentonite (“start”) as well as partly dried bentonite with
unknown content of water (see Section 2 for details) from different locations inside the
granite container are shown in Figure 6.

Figure 6. XRD patterns of initial dry bentonite (“start”) and of moist bentonite from different locations
inside the granite container (“top1”, “top2”, “near glass”). The 101 quartz reflection (2Θ = 26.627◦)
is off-scale. The curves are displaced vertically for clarity. Main reflections of principal mineral
phases (ICDD cards): filled squares—quartz (01-079-1910), circle—montmorillonite 15A (00-013-
0135); triangle—montmorillonite 18A (00-012-0219). Other peaks belong to feldspars and layered
clay minerals.

For evaluation of the amount of 238Pu adsorbed on bentonite clay, a desorption exper-
iment was performed using a mixture of concentrated nitric acid and hydrofluoric acid.
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Before the experiment, a sufficient amount of bentonite clay removed from different layers
was placed into a quartz glass cup and dried in air at 40 ◦C until the constant weight of
14.3 g. The dry sample was brought in contact with the acids solution (10 mL of fluoric
acid and 20 mL of nitric acid) for 3 weeks. The acid-resistant residue was less than 5 wt.%.
α-spectroscopic measurements of the Pu-containing solution after the desorption showed
that the estimated specific activity of 238Pu is 0.41 MBq per gram of dry bentonite. The
total amount of 238Pu in the dry bentonite after the experiment makes 0.01–0.02% of initial
amount of 238Pu in the glass sample. As shown in Table 4, the Pu specific activity of
the solution above the bentonite layer is insignificant in comparison with amount of Pu
adsorbed by the clay.

4. Discussion

4.1. Alteration of the Glass Sample

During the first examination using optical microscope, formation of a secondary phase
on the glass surface was clearly observed (Figure 7). However, the alteration of the glass
observed in wet bentonite medium is much less pronounced than for borosilicate glass in
contact with distilled water at temperature 90 ◦C [9,10]. The reasons for the discrepancy
are not yet fully understood, but variations in pH and eventual partial radiation-induced
destruction of TeflonTM container with release of fluorine compounds in experiments
described in [9] may be responsible. Value of pH of natural bentonite suspension is close to
neutral and varies from 5 to 7.2 with average of 6.2, which is comparable with those for
the distilled water environment. However, further experiments are needed to reveal how
does water radiolysis in a bentonite environment affect the degradation process of a highly
radioactive glass. Also, for future research, using real or simulated groundwater seems to
be reasonable to make test results more relevant to the actual URF or planned disposal site.

 

Figure 7. Optical microscopy of the surface of 238Pu-doped borosilicate glass after 2 years of contact
with wet bentonite. (a) general view. (b) higher magnification image.

4.2. Bentonite and Granite Alteration

The phase composition of the initial sample is dominated by quartz, different montmo-
rillonite varieties (e.g., 15A, 18A) and feldspars (e.g., anorthoclase). In presence of a thermal
gradient, leaching and reprecipitation of constituents from bentonite at different locations
in the container may, in long term, induce formation of mineralogically distinct layers. In
addition, intense radiolysis may contribute to phase changes. Examination of XRD patterns
does not show clear difference between the bentonite samples from different locations in
the container. The changes in the patterns are relatively minor and are mostly confined
to reduced relative intensity of crystalline peaks, implying partial amorphisation and/or
decrease of crystallite sizes. The largest relative changes are observed for the sample from
the topmost layer, which demonstrates rather pronounced “amorphous” hump centred at
~28◦ (2Θ). This observation might be related to the least stable environment, for example,
semi-annual contact with fresh solution and/or air above the clay.
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Interestingly, we do not observe formation of abundant crystalline SiO2 which may
form a cement during illitisation of smectites in hydrothermal conditions (see, e.g., re-
views [27,28]). Possibly, thermal gradients in our experiments were fairly small, precluding
extensive dissolution-precipitation phenomena. According to the XRD patterns, the mont-
morillonite phase survived after two years of α-irradiation and related radiolysis at a
relatively high temperature of 90 ◦C. It is known, that smectites may undergo structural
changes in hydrothermal conditions. Whereas temperatures below 300 ◦C do not alter dry
bentonite structure to noticeable extent [9,28,29], under hydrothermal conditions degrading
of the bentonite structure can be observed at 130–150 ◦C [28] and even at 90 ◦C (in 3.5%
CaCl2 solution) [30]. That makes impossible to distinguish the effect of α-irradiation of wet
bentonite at 90 ◦C and the effects caused by long-term bentonite-water interaction itself.

Even after 2 years of α-irradiation at 90 ◦C wet bentonite preserved its barrier function
and prevents migration of the adsorbed Pu to the solution. Apparently, the influence of
radiolysis and of α-irradiation on structure of comprising minerals is small. For some
clay minerals, such as kaolin and attapulgite, significant structural changes were observed
during alpha-irradiation by 253Es but even after partial loss of crystallinity these materials
were able to prevent Es release into the solution [31].

Autoradiography of the granite sample shows absence of noticeable penetration of
Pu in granite rock matrix (Figure 8). It is possible to observe little black colour vein on the
bottom of granite container, which is related to penetration of radioactive solution into
a small crack caused by mechanical damage of the granite matrix during drilling of the
cylindrical hole of the container inner space. Some amount of 238Pu in a small crack can be
also explained by contamination during the sawing, since no Pu penetration along grain
boundaries was noted. This observation is in a good agreement with previously published
data [32], showing that Pu transport in low-porosity granitic rocks from the Beishan site is
mostly determined by migration along the fractures (especially in form of colloids [33]) but
not by diffusion in granite matrix.

Figure 8. Autoradiography (2 months exposure) of the granite sample from the bottom of experimen-
tal granite container: cross section of lower part. Black rectangle appears due to α-particles reaching
the film through air gap.

5. Conclusions

The results obtained contribute to laboratory scale safety-case studies of geological
disposal for achieving a safe and sustainable way for actinide-bearing waste disposal.
Based on experimental results, the following conclusions can be made:

(1) After two years of contact with 238Pu-doped glass and water at temperature 90 ◦C
Gaomiaozi Na-bentonite remains crystalline; no cementation by crystalline SiO2
was observed.

(2) Chemical alteration of 238Pu-doped borosilicate glass after long-term contact with wet
bentonite at 90 ◦C is less extensive than for the identical sample in distilled water.

(3) The borosilicate glass is slightly altered during the experiment, but leached Pu was
quantitatively adsorbed and retained by the surrounding bentonite. The total amount
of plutonium adsorbed on bentonite clay for during two years of the experiment did
not exceed 0.02% of the initial amount of plutonium in the glass sample.
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(4) Beishan granite remained intact with no evidence of Pu penetration into the granite
matrix along mineral grain boundaries.
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Abstract: The legacy of the early days of the Atomic Age consists of many problematic sites world-
wide, including radioactive waste dumps, uranium mines, spent fuel reprocessing plants, and defunct
processing and enrichment plants. Although nature quickly reclaims abandoned sites, any remaining
radioisotopes can pose a threat for millennia to come, long after the benefits gained from nuclear
technology have faded. The field of nuclear industrial archaeology specialises in finding and charac-
terising these sites to support local communities and site owners. Where maps and building plans
have been lost, nuclear archaeologists deploy state-of-the-art analysis techniques on the ground
to unravel the current state of legacy sites, and quantify the remaining radioactive inventories to
the standard required by the nation the site is located within. The objectives of nuclear industrial
archaeology are varied and site dependent. Whether the objective is to puzzle the forgotten history of
activity back together or safeguard and recover dangerous radioactive materials, nuclear industrial
archaeology adapts radioanalytical laboratory and site-surveying techniques in order to understand
the site and allow scientists to communicate this information to support remediation efforts. This
paper discusses current methodologies alongside a case study.

Keywords: nuclear forensic analysis; legacy waste; nuclear forensics; XRF; isotopic fingerprinting;
microscopy; sampling techniques; in-situ analysis; nuclear industrial archaeology; photogrammetry

1. Introduction

Nuclear forensics (NF) is the analysis of radioactive and other nuclear material in
support of governmental priorities including national security [1,2]. Although NF work has
been ongoing within the radioanalytical realm since World War II, modern nuclear forensics
as a field of activity coalesced in earnest when several large finds of fissile materials were
seized by law enforcement across Europe [3,4]. These discoveries created a subsequent
need to formalise the assessment of the radiological hazard, intended use, and origin of the
material, necessitating the development of a tailored suite of measurements, techniques and
databases to store the details of each declared incident [5]. In the three decades since the first
high profile seizure of a uranium fuel pellet outside of regulatory control, several countries
have developed their forensic capabilities, dedicated facilities and specific programs for
dealing with threats should they appear within or escape their borders.

The Incident and Trafficking Database (ITDB), maintained by the International Atomic
Energy Agency (IAEA) since 1995 [6], serves as a nonpartisan record, increasing the ability
of governments to track, find, and provenance nuclear materials that have been smuggled,
lost, improperly disposed of, or stolen. It is a database that is voluntarily maintained by
member governments, with over 3500 incidents recorded within it as of 2022. Approxi-
mately 10% of these have been confirmed as “acts related to trafficking or malicious use” [6].
Incidents reported to the ITDB involve radioactive materials such as uranium, plutonium,
and thorium, as well as naturally occurring and artificially produced radioisotopes, and
radioactively contaminated material.
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In the last three decades, NF has expanded from subdisciplines of radiochemistry and
geochemistry to a field in its own right, giving rise to numerous experimental techniques,
methodologies, and microfields [7]. The methods that nuclear forensics encompasses are
broad and varied, ranging from field-based instruments such as portable X-ray fluores-
cence spectroscopy (pXRF) and Geiger–Müller (GM) counters to specialised lab-based
methodologies, including inductively coupled plasma mass spectrometry (ICP-MS) and
radiochronometry [7]. These techniques do not only apply to forensic questions, however—
they are also used in cases where no crime has been committed and where instead the
investigatory focus is on other aspects, including process reconstruction, legacy waste anal-
ysis, medical/industrial radiation sources, releases from civilian nuclear reactors, accident
investigation, or decommissioning and clean-up of legacy nuclear facilities.

Nuclear forensics is iterative, following the requirements of law enforcement, and
accomplishes only the agreed-upon analytical plan to provide the necessary data aiming
to answer a defined question [8]. All results are produced by using methods verified and
approved within a legally recognised quality framework [9,10]. However, an investigation
of historical radiological material is structured differently from a forensic investigation;
scientists and prosecutors can have different requirements ranging from the chain of
custody reporting requirements to the level of certainty required. “Nuclear forensics” is
an incorrect designation unless there is a prosecutorial element. The phrase “forensic
investigation” is more than a misnomer; it can be actively damaging to the overall aims
of the scientists involved. Open and honest discussions about radiological holdings and
clean-up efforts are hindered if the threat of prosecution is assumed [11]. Therefore, nuclear
industrial archaeology (NIA) is a more accurate designation for the study of historical
nuclear sites, free of many constraints placed on nuclear forensics [12]. Without an active
crime scene and the need for findings to have confidence levels that would hold up in
court, a more balanced view of the radiological material and the environment it is settled
within can be taken. The more relaxed standards of accuracy and precision levels required
can, in turn, inform future nuclear forensic investigations, allowing new techniques to
enter the investigative process after extensive field and laboratory testing on low-risk,
low time-pressured samples, although these results must still be accurate and defensible.
Nuclear industrial archaeology, therefore, is also a developmental pipeline enabling the
validation of novel scientific techniques before their adoption in NF.

2. Nuclear Industrial Archaeology

Definitions of nuclear forensics and nuclear archaeology have changed throughout
history, with different authors adopting variations in scope and meaning depending on
the context. Considerable overlap between definitions exists depending on the context. In
the late 1970s and throughout the 1980s, the meaning of “nuclear archaeology” was almost
identical to present-day “nuclear forensics”. Nuclear forensics is defined by the IAEA as

“. . . the analysis of intercepted illicit nuclear or radioactive material and any asso-
ciated material to provide evidence for nuclear attribution. The goal of nuclear
analysis is to identify forensic indicators in interdicted nuclear and radiological
samples or the surrounding environment, e.g. the container or transport vehicle.
These indicators arise from known relationships between material characteris-
tics and process history. Thus, NF analysis includes the characterisation of the
material and correlation with its production history.”

—IAEA Nuclear Forensics Support Reference Manual, 2006 [13]. In this context,
“analysis” includes radiometric and nonradiometric measurement techniques.

In common usage, nuclear forensics has been expanded to include any investigation
of radiological material that uses techniques in common with a criminal investigation. This
is seen in relevant paper titles and conference proceedings [14–16]. It is these authors’
opinion that this is a misnomer and that in scientific endeavours which do not include an
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element of law enforcement (especially where the aim is to support safe decommissioning
and characterisation of legacy sites) any reference to “forensics” is undesirable. The more
appropriate term is, “nuclear industrial archaeology”. This has parallels, interlinks, and
joint interests with similar fields where investigations of legacy activities is relevant, such
as industrial archaeology:

“The systematic study of structures and artefacts as a means of enlarging our
understanding of the industrial past.”

—Industrial Archaeology Principles and Practice [17] (p. 21)

The term “nuclear archaeology” itself has historically been associated with two differ-
ent meanings. The earliest mention dates back to 1973 when radiocarbon dating became the
main activity of the University of Missouri–Columbia (UMC) Laboratory for Nuclear Ar-
chaeology (LNA), and neutron activation analysis (NAA) gradually became a mainstream
technique by which to analyse archaeological and palaeontological artefacts [18–21]. After-
ward, “nuclear archaeology” was adopted in a deceiving nuclear forensics context, referring
to the investigations related to dose rate estimations of atomic bomb survivors [22,23], and
more frequently, efforts to estimate the amount of fissile materials produced or passed
through reactors based on residual radiation signatures [24–26]. Neither meaning can be
applied to the study of legacy installations and radioactive relics from the early nuclear
era when the focus is on understanding and/or reconstructing processes in the nuclear
industry regardless of law enforcement interests. Nuclear industrial archaeology (NIA) is
thus defined as

“the systematic study of material evidence from the nuclear industrial past, with
the aim to understand and reconstruct nuclear processes, record nuclear history,
preserve nuclear heritage and/or facilitate containment, decontamination and
decommissioning of hazardous nuclear industrial legacies.”

In this study, we use an investigation into a disused radiological processing site
in Ukraine to demonstrate the key advantages of considering it as a nuclear industrial
archaeology study, rather than a nuclear forensics case.

3. NIA Case Study: Pridnyprovsky Chemical Plant

Prydniprovsky Chemical Plant (PChP) is a large ex-Soviet materials and chemicals
processing site of roughly 260 hectares in central Ukraine, on the outskirts of the city of
Kamianske. Between 1948 and 1991 [27] (p. 217), the site processed uranium and thorium
ore into ore concentrate, separated rare earth elements and produced other industrial
chemicals such as fertiliser [28] and ion exchange resins [29]. Tens of millions of tonnes of
radioactive waste were generated on the site during its operational lifetime. The site has
fallen into disrepair but has no legal investigation into it. A NIA investigation therefore
offers more potential to the site operators that a narrower NF investigation could not.

This industrial area comprises ∼100–200 buildings and structures, many of which
are in a state of disrepair and dereliction. Approximately 45% of the southern part of the
site has become radioactively contaminated as a direct consequence of the site’s operation,
compounded by the lack of historic management of the resulting radioactive byproducts.
Approximately 20 buildings are heavily contaminated with radiation levels up to a maxi-
mum of 4 mSv h−1 reported, which is equivalent to nearly twice the average annual dose
received by members of the general public from natural sources in the UK, in one hour [30].
It is estimated that there are over 40 million tonnes of low-level radioactive waste stored
in the site’s tailings ponds, which is evidenced to be slowly leaching into the Dnieper
river [31].

As of 2022, the European Commission is working with the Ukraine Ministry of Energy
and Coal Use and the Nuclear Regulator to improve radiological safety and security. For
remediation works to proceed, site management needs a detailed characterisation of the
radioactive materials held there. As part of this activity, a team from the University of
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Bristol surveyed several of the most heavily contaminated buildings, analysing a selection
of in situ material samples.

The application of nondestructive characterisation methods field tested in and around
the PChP buildings is explored below. It is the experience of these authors that in initial
field surveys, less equipment and lower complexity of equipment allows more data to
be collected. This is due to the reduced time spent carrying, testing, decontaminating,
inventorying, and problem solving. There will always be a tradeoff in terms of the weight
that operatives can carry and the amount of analytical equipment that can be carried.
Equally, based on the limited carrying capacity, the toolkit for in situ investigations must
be carefully planned and consider factors such as battery life, as well as mass of equipment
and even the ease and cost of transportation in compliance with transport regulations.

4. Techniques

As in a traditional forensic investigation, preservation of life and, therefore, inves-
tigators’ safety is paramount during nuclear industrial archaeology [32]. Assessment of
ionising radiation on a site must include alpha, beta, and gamma rays as well as neutrons.
Irrespective of radiological detection methods used, users must understand their personal,
equipment and project limits and capabilities to avoid a site being inadvertently declared
safe for lack of accurate assessment for radiation. For example, it cannot be assumed that
all site workers will have access to an alarmed dosimeter calibrated to the isotopes expected
to be present. Although these reduce the risk of accidental exposure, they can also be
prohibitively expensive for legacy site management with constrained budgets.

Radioactive compounds may also be chemically toxic in addition to their radiotoxicity,
and for isotopes with half lives in excess of 1 million years (Ma), chemical toxicity can be
more dangerous than the emitted radiation. The chemical toxicity of uranium is similar to
other heavy metals [33], and equivalent protection measures must be taken.

4.1. Nondestructive vs. Destructive Analysis

Nondestructive, in-situ analysis techniques are key components of complex site inves-
tigations and have several advantages over destructive techniques. Notably, they allow
samples to be analysed quickly and in a safe manner, minimising operator exposure. The
most important drawback of destructive analysis techniques is that analyses cannot be
repeated because parts of the sample, and particularly features of interest, are destroyed
during the analysis process. This is true for traditional chemical analysis methods such
as chromatography, which typically require sample fragments to be dissolved, but also
for stand-off methods such as laser-induced breakdown spectroscopy (LIBS). In the spe-
cific case of LIBS, a high-power laser pulse is used to vaporise a sample and generate a
light-emitting plasma, of which the spectral lines are subsequently analysed with a spec-
trometer. The U-associated emissions, for example, are then easily identified at 385.464 nm,
385.957 nm, and 386.592 nm respectively [34]. Because the amount of vaporised material
and the resulting plasma wavefront is slightly different every time a LIBS analysis is con-
ducted, the obtained data tend to drift. Firing the laser at the same location multiple times
leads to cavitation of the sample, affecting plasma formation. If the sample is heteroge-
neous (for example, if it has a surface composition that is slightly different due to oxidation
effects), then subsequent LIBS measurements will show varying results. This is because the
first plasma will vaporise surface oxides whereas the following measurements reflect the
composition of the now exposed interior of the sample. Analysis techniques destroying
samples pose a challenge for scientific falsification. This scientific research principle dictates
that peer reviewers must be able to replicate research results to independently verify the
research data. It can also have consequences for forensic investigations if samples later turn
out to have been criminal evidence [35] (pp. 455–456).

A third drawback of using destructive analysis methods is that, by definition, a part
of the sample transforms into waste products. When analysing radioactive samples, this
leads to radioactive waste products that must be disposed of, and such disposal process is
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regulatorily complex if the composition of the sample and its resulting waste is unknown.
Radioactive waste produced during the destructive analysis of radioactive samples may
also contaminate analysis instrumentation, increasing its background radiation signature,
and further jeopardising repeatability of the analysis. In the case of wet chemical analysis,
they are in the form of a radioactive effluent. LIBS, for example, can cause aerosolised
radioactive particles found in the plasma to be dispersed over a wider area. This leads
to possible contamination of the equipment and scientists performing in situ measure-
ments, with radiologically contaminated PPE requiring additional remediation as a result.
Nonetheless, techniques such as LIBS have been used for in situ nuclear industrial archae-
ology [36], but when the subject is related to radioactive contamination, such techniques
can thus contribute to spreading contamination or causing cross-contamination.

4.2. Geiger–Müller Counting

Geiger–Müller (GM) counters are among the oldest radiation detectors available
and remain useful in field-deployed nuclear industrial archaeology as the first line of
intervention on site. GM counters can be fitted with probes sensitive to alpha [37], beta [38],
gamma [39–41], positron [42], or a combination of those ionising radiation types [43]. GM
counters have several advantages in comparison to more sophisticated scintillators or
semiconductor detectors that can perform gamma energy spectrometry: they are low-
cost [44], [45] (p. 103), can be tuned to different radiation types easily by fitting filters, and
produce digital pulses that are processed electronically in a straightforward manner [46,47].

GM tubes are often wired straight to a buzzer, which produces characteristic ticks when
ionising radiation strikes the tube. The ticking rate (per minute or second) is proportional
to the number of detected events in a given period. It can also be calibrated over a known
distance to allow for initial triaging of samples and areas. The instrument’s ease of use,
simplicity, and resulting reliability make it a standard instrument in the nuclear industrial
archaeology toolkit.

What makes a GM counter particularly useful in the field is the instant response
of the tick rate, as opposed to analogue or digital displays, which make use of moving
averages over a set period to calculate and display a count rate in counts per second (cps)
or counts per minute (cpm). Because GM counters with a mica window are sensitive to
α, β, and γ radiation and have such a fast response, they are the best method to track
down the location of radioactive contamination of unknown origin. This is typically done
by sweeping a pancake-type GM tube with a large window over a surface and listening
to the tick rate. Using this method, a trained operator can quickly locate the source of
ionising radiation. If the source is physically small, such as a single droplet of a solution
containing a radioactive salt, a GM counter is often the fastest and most reliable way to
track it down. An additional advantage is that operators do not need to look at a display or
gauge to interpret measurements, which improves safety in the field in nuclear industrial
archaeology environments such as disused industrial facilities that present numerous
trip hazards.

GM counters also have two drawbacks. The first limitation is the inability of a tube
to differentiate between α, β, or γ radiation. Any of these radiation types will trigger the
electron cascade (the Geiger–Müller effect), and the resulting current pulse contains no
information on the type of radiation or its energy. This can be partially mitigated by fitting
different filters, exposing the tube either unfiltered (α + β + γ), through a thin Al window
(β + γ), or through a thick Al window (γ only) [48]. Some models have built-in filters,
whereas others require different probes to be fitted. A second limitation of GM tubes is
the low density of their fill gas, which makes them more sensitive to α and β radiation
than to γ radiation, of which most passes through the tube without significant attenuation,
especially at energies above 100 keV. However, this is rarely an issue in practice because
pure γ-emitters are of synthetic origin and usually sufficiently concentrated to produce
detectable changes in tick rates even at low concentrations and short distances.
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Because GM counters are low-cost, compact, and lightweight, they should be among
the first instruments deployed in an unknown field environment to assess the radiological
situation. First and foremost, they are used to establish whether there is a radiological
anomaly present—that is, whether the area of interest shows count rates that are signifi-
cantly above natural background levels. Secondly, if ionising radiation is detected, it should
be used to qualitatively assess the radiation levels in preparation for further field nuclear
industrial archaeology analysis. This takes advantage of the fast impulse response and
relative directionality of the sensor to measure whether radiation levels are low enough to
accommodate safe further inspections or too high (thereby putting operators at risk). For
most instruments, the saturation limit—the point at which subsequent pulses overlap—is
between 2 × 103–10 × 103 cps. As a general rule of thumb, if the GM counter saturates
during the survey, radiation levels are potentially hazardous, and the survey should be
aborted as a precaution. In such cases, a robot may need to be deployed instead.

The efficiency and speed with which GM counters can help locate radiation sources in
the field means that further analysis methods can be deployed more quickly and effectively
(at specific points of interest rather than needlessly sampling large areas). The resulting
reduction in time required to perform analyses also reduces the radiation dose of workers.

A consequence of the inability of GM counters to differentiate between ionising
radiation types or their respective energies is that personal electronic dosimeters (PED),
which are often based on internal GM tubes, are intrinsically unable to measure actual
dose rates. This is because the radiation dose is a function of radiation type and energy,
neither of which the GM tube can measure [49]. PEDs are typically calibrated under the
assumption of specific isotopic composition (such as 137Cs or 90Sr in a nuclear power station
environment), which leads to drastically different results when surveying a processing
facility for naturally occurring radioactive materials (NORM), for example. If accurate
dosimetry is desired, a gamma spectrometer must be used instead.

The final field utilisation of GM counters is during postdeployment decontamina-
tion. Regardless of how careful nuclear industrial archaeology field analysts are during
their work, there is always a risk of contamination of protective equipment (PPE) or in-
strumentation. For overshoes, gloves, or hard hats, such contamination is even expected.
GM counters are the ideal instrument for contamination assessments on personnel and
equipment, facilitating targeted decontamination if needed.

4.3. Gamma Spectroscopy

Gamma spectroscopy, the identification and quantitative study of the energy spectra
of radioisotopes that emit γ-rays, is a rapid and nondestructive standoff measurement
technique that has been used and developed since Rutherford and Andrade’s work on
emission lines in 1914 [50].

Portable gamma spectrometers are comparatively less accurate and precise than labo-
ratory detectors such as high purity germanium (HPGe), but as they are small and portable,
they are beneficial for in-field analysis. Even where sample geometries are unknown, reli-
able conclusions can be drawn about which gamma-emitting isotopes are present, which
can inform further decommissioning work and allow a more detailed assessment of radio-
logical risk for site workers than that offered by GM counters. This is especially useful for
uncategorised loose radioactive debris and sealed tanks, both of which prevent significant
issues for analysis. Micro gamma spectrometers can easily be mounted onto a probe or
telescopic boom, allowing analysts to maintain a safe distance from unknown samples, or
deployed on a mobile robotic platform [51]. Gamma spectrometers require careful calibra-
tion before field applications to ensure that isotopic peak assignments are reliably made.
Examples of gamma spectrometers deployed in the field are shown in Figure 1.

Gamma spectrometry is an important tool in the initial phases of an investigation
where identifying the nuclides present is of paramount importance. Some radionuclides
present a more substantial toxicological risk than radiological; hence, a device that can
discern nuclides is of key importance.
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Figure 1. Gamma spectroscopy in field-deployed nuclear industrial archaeology. (Left) a portable
NaI(Tl) gamma spectrometer of type Mirion SPIR-Ace [52] used to measure gamma radiation dose
rates in excess of 1.0 mSv h−1 on the outside of a pipe connecting a mixer–settler tank in a legacy
uranium ore processing facility. (Right) a collimated gamma spectrometer [53] mounted on a pan-tilt
unit and suspended on a tripod to map contamination in an industrial environment [51].

4.4. X-ray Fluorescence

X-rays are well suited to probe the composition of matter because they can penetrate
the surface of a sample to a depth inversely proportional to the density of that sample.
The most popular analysis methods using X-rays are X-ray diffraction (XRD) and X-ray
fluorescence (XRF). Both are available in a portable form for in-situ (handheld) analysis:
portable XRF analysers are in use to determine alloy compositions in metal recycling
industry, and portable XRD analysers are in use for metal alloy phase identification in
junkyards. Combined XRD/XRF instruments have been developed for space missions,
such as the CheMin instrument onboard the Curiosity Mars rover [54,55]. XRF gives
information on the sample’s elemental composition and is the most simple of the X-ray
analysis techniques.

For analysis of samples in nuclear industrial archaeology applications, XRF as an anal-
ysis technique works well for samples containing heavy elements because these elements
have electrons in high-energy orbits, which thus produce high-energy fluorescence. Light
elements (LE; H to Na) have loosely bound electrons and give rise to high Compton scatter-
ing rather than fluorescence. The fluorescence effect is maximal when the incident X-rays
are only marginally higher in energy than the electron’s binding energy. If the photons
have an energy that is too high, there is a higher chance of scattering than fluorescence.
Likewise, if the photons have an energy that is under the binding energy, electrons cannot
be ejected, and no fluorescence can occur. Because binding energy is a function of the
electron shell, and these, in turn, are a function of the number of electrons the atom has, the
ideal X-ray excitation energy depends on the sample’s elemental composition. This is an
essential consideration in the design of an XRF instrument. Even when fluorescence occurs
in LE, the emitted secondary photons are of such low energy (in the order of a few eV) that
they are either absorbed by the sample, the air, or the window of the spectrometer itself.
The lightest identifiable element using XRF can vary from Be to Ti depending on spectrom-
eter sensitivity. All heavier elements can be identified up to Am [56,57] in concentrations
ranging from ppm to percentage levels, although noble gases are rarely calibrated for.

The capability of a pXRF to identify elemental presence from ppm to per cent con-
centrations makes it an attractive third nuclear industrial archaeology analysis tool in the
field—after gamma spectroscopy and GM-counting. Depending on configuration and en-
ergy range, the preliminary elemental composition can be obtained after a few seconds, and
quantitative analysis results after 1–3 min. Because operators can potentially accumulate a
substantial and potentially harmful radiation dose in 1–3 min if the radiation flux is high
enough, a preliminary sweep with other dosimetry, such as a GM counter, is a necessary
first step to ensure dose rates are sufficiently low to allow further investigation. Handheld
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instruments such as the Olympus Vanta XRF or ThermoScientific Niton XL3T XRF are
sealed instruments with an IP rating of 54 or higher, making them resistant to dust ingress
and splashing liquids from all directions. This enables their use within contaminated
environments with high dust or humidity levels. The Olympus Vanta XRF used in this
study weighs 1.70 kg with battery installed and can be operated with one hand by an
operator, as shown in Figure 2. Miniature X-ray tubes mean these instruments no longer
contain radioisotopes such as 55Fe, 109Cd, or 241Am like their predecessors [58] (p. 94), [59].
Therefore, the produced excitation beam is an order of magnitude higher, reducing the
time needed for analysis by an order of magnitude, but reducing the residual dose to 0
when the instrument is turned off. During operation, the dose is quite substantial, at ca.
18.5 mGy h−1 at 10 cm from the aperture, as opposed to only 267 μGy h−1 for the TN 9000
XRF analyzer from 1995 [58] (p. 94). The relatively high dose rate is accompanied by
numerous safety features, such as a password-protected user interface, X-ray ON lights,
proximity sensors, quick battery release, and dead man switch [58] (p. 95). The X-ray tube
itself is capped in power to 4 W [60] (p. 2).

Figure 2. A portable XRF analyser (type: Olympus Vanta) used for in situ nuclear industrial archaeol-
ogy of samples in a legacy uranium ore processing facility. (Left) Nuclear industrial archaeology of
contamination on construction material. (Right) Nuclear industrial archaeology of a spill of ionic
exchange resins.

As in-situ measurements typically do not require sample preparation, there is no
setup time needed before NIA measurements can commence. There are, however, several
limitations. First, the fluorescence effect peaks at excitation energies slightly higher than
electron binding energy levels. If the X-ray energy is either too high or too low, Compton
or Rayleigh scattering are the dominant interaction modes for the X-rays [61]. In the case
of Compton scattering, a lower energy X-ray will be scattered into the detector, and in the
case of Rayleigh scattering, the scattered X-ray will have identical energy. These produce
additional counts in the detector, swamping weak signals and lowering measurement
results. If the density of the sample is unknown, or the sample contains both high- and
low-density fractions, it is necessary to sweep the X-ray source between ca. 8 keV and
50 keV to enhance the measurement accuracy over a range of material densities.

Secondly, as the penetration power of the source X-rays is proportional to their energy
and the sample’s composition, acquiring accurate data from in situ measurements requires
samples of sufficient thickness to either absorb, fluoresce, or scatter the source X-rays
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completely. The minimum sample thickness to produce homogeneous results ranges from
55 μm for solid Pb to 0.9 cm for sand [61] (p. 16, Table 1). When samples are insufficiently
thick or heterogeneous in depth in comparison to the materials with which the instrument
has been calibrated, the elemental composition reported by the instrument will be inac-
curate. When measuring samples of insufficient thickness on a substrate, the elemental
composition of the substrate will also be included in the measurement results, which is a
drawback to the technique. This is inevitable for in situ measurements of crusts or oxidation
on pipes or tanks, or thin layers of spilt substances in solid or liquid form. There are two
ways around this issue that use postprocessing of data. One option is to measure the
sample on its substrate or matrix, then measure the “clean” substrate or matrix separately
and subtract them from each other. Doing so invalidates concentration data but allows for
quick identification of foreign elements on common industrial surfaces such as 304L or 316L
stainless steel [62]. The drawback is those sample elements present (including a variety of
application-specific trace elements) in stainless steel are also removed. Another option is to
measure samples on different substrates or matrix materials and use subtraction to find the
elements both datasets have in common. The drawbacks of this method are identical.

As EDXRF instruments cannot detect LE, a way around the substrate problem is by
measuring samples on a substrate that exclusively contains LE. An example of these is
disposable cardboard plates or scoops, which can retain a small amount of material for
analysis. As neither cardboard nor air induces X-ray fluorescence, measurements made this
way will only show the sample’s elemental composition. Alternatively, Kapton tape [57],
or mylar pouches and carry-straps can also be used [60]. The practical feasibility of each
approach depends on the type of material and its specific activity. Tools such as files, paint
knives, or scalpels may be needed to scrape off a small amount of material onto a cardboard
holder for analysis.

Thirdly, a consequence of analysing radioactive materials that undergo alpha decay
is that X-rays produced due to the alpha decay process can interfere with the EDXRF
measurements. For isotopes undergoing gamma decay, this is usually not a problem
because the gamma energies are beyond those of X-rays (over 100 keV). However, for
isotopes undergoing alpha decay, this may lead to a more complex spectrum and therefore
complicate the interpretation of the measurement results [57]. For example, 239Pu exhibits
a prominent uranium L X-ray emission peak series as a result of alpha decay into 235U.
The 235U daughter nucleus has a probability of being left in an unstable state, transferring
excess energy to an electron through internal conversion. This could lead to the ejection
of the electron, just like it would have been ejected by a higher-energy X-ray originating
from the XRF analyser source [63]. The secondary X-rays emitted by higher shell electrons
filling the vacancy are therefore indistinguishable, and the XRF detector would interpret
the additional counts as higher concentrations of the corresponding elements in the sample.
This is a problem for radioactive samples containing Pu and Am, such as nuclear industrial
archaeology of radioisotope thermoelectric generators, for which XRF analysis cannot
accurately determine the elemental composition in a sample. High-resolution gamma-ray
spectroscopy (HRGS) is the preferred technique for studying actinides [64]. This also allows
the use of coincidence methods to enhance the signal-to-noise ratio. This is discussed in
further detail in the Gamma Spectroscopy techniques section above.

Finally, as portable XRF measurements for in situ nuclear industrial archaeology are
made in the air rather than in vacuum or helium, absorption of low-energy fluorescence
is inevitable, and elements with exclusively low electron binding energy can therefore
not be measured. The XRF analyser instrument should ideally be brought in physical
contact with the sample surface to eliminate as much air absorption as possible and, at
the same time, maximise the detection of fluorescent X-rays. When measuring samples
with both light and heavy elements, measurement results can be misleading. For example,
an organic ionic exchange resin for separation of Th from REEs (shown in Figure 2) will
typically be composed of over 95% resin, and only a few per cent heavy ions. However,
because the XRF does not obtain a signal from the LE in the resin, it may falsely indicate
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disproportionally large concentrations of Th or REEs in such a sample. Some portable
XRF analysers such as the Olympus Vanta mitigate this effect by comparing received X-ray
intensity with emitted X-ray intensity, and assuming the difference is due to LE it cannot
detect. In nuclear environments, it is not always possible or desirable to establish physical
contact with a sample, as this could result in radiological contamination of the instrument
itself. If prior GM-counter sweeps have established that a surface is contaminated with
radioactive compounds or otherwise emitting ionising radiation, it is left to the opera-
tor’s judgement to decide whether or not physical contact with the sample is justified.
Instruments such as the Olympus Vanta XRF have Kapton windows that can be replaced
if they become contaminated, if necessary. The instrument is equipped with a proximity
sensor that cuts off the X-ray beam if the aperture is further than 15 mm away from the
sample. Standoff measurements take considerable practice from the operator to keep the
instrument’s aperture suspended and steady for the measurement duration, which can be
as long as 3 min.

Although it is possible to operate a portable XRF instrument as a single operator, it is
instead advisable to opt for an operator pair instead for a nuclear deployment scenario. In
such a team, one member can focus on identifying sample locations for in situ measure-
ments or collecting samples on cardboard plates, whereas the other member can focus on
performing the XRF measurements with the portable XRF analyser. To avoid contaminating
the instrument, pouches are available to carry it hands-free. If a large number of samples are
analysed, mounts are also available [65] (p. 4, Figure 1). It is possible to make up to 15–20
measurements per hour in handheld mode. A hard hat-mounted camera is recommended
to facilitate documentation of the measurement conditions. Figure 2 is an example of a
photograph made automatically with a GoPro Hero 8 camera mounted on a hard hat. The
GoPro was configured in “photo” mode and set to take a photograph every 0.5 s.

Decontamination of the portable XRF analyser instrument is necessary between mea-
surements in contact with samples. As XRF is a sensitive nuclear industrial archaeology
technique, minor quantities of material in the order of a few grains of sand could result
in the instrument falsely reporting elemental composition in the next sample due to con-
tamination. Avoiding cross-contamination is therefore of extreme importance. The best
way to avoid cross-contamination is to avoid physical contact with samples completely;
if this is not possible or accidental contact was made with any surface, the instrument
must be decontaminated meticulously. This can be done inside an active environment by
wiping the instrument’s front with industrial wet wipes. Surfactants such as Decon-90 [66]
may be used to remove more persistent contamination. After the survey, the portable XRF
analyser must be inspected with a handheld GM counter for any residual contamination
and decontaminated as deemed necessary.

4.5. Digital Optical Microscope

Although optical microscopy is one of the oldest experimental techniques, it is easily
forgotten during investigations that have access to higher magnification and more advanced
imaging instrumentation, such as scanning electron microscopes (SEMs). Even if it were
possible to take a scanning electron microscope (SEM) into the field and get it to an
appropriate level of vacuum, it would not be worth the effort to decontaminate it. However,
digital microscopes for scientific applications are cheap, portable, and highly effective for
field use. At a low cost, 200× magnification, 5+ megapixel digital microscopes designed
for scientific use can be bought from commercial and scientific suppliers, with an example
of a result captured in the field shown in Figure 3. Some come with a liquid crystal display
(LCD), negating the need for laptops or external screens to be brought into the field. At this
low price range, any microscopes that become contaminated or otherwise damaged during
their duties can be disposed of with minimal loss.

Like photogrammetry, optical microscopy is not a resource-heavy technique. It re-
quires minimal training, and micrometre calibration stages give images taken in the field
precise and accurate measurements. Digital microscopes produce true-colour images, al-
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lowing a wide array of data to be taken in the field. These images can be quantitatively
analysed in the lab postfieldwork, giving them broad scientific value beyond illustrative
and metrological purposes [67].

Figure 3. Optical microscopy of ion exchange resin spill, observed in situ. To the naked eye, this was
indistinguishable from finely ground ore sand, but its real nature became clear under the microscope
(see Figure 2) which also enabled a particle size distribution and morphology to be characterised.

Limitations of Optical Microscopy

Light conditions inside facilities (some of which have no electricity and therefore no
built-in lighting, easily contaminated parts (especially lenses), the use of calibrated scale
bars that can be bulky, requiring an LED screen or laptop into the area, are all limitations to
the use of optical microscopes in the field.

4.6. Photogrammetric Survey

Photogrammetry is the trigonometric stitching together of photographs taken from
one or multiple sources to recreate a 2D or 3D environment in digital form (coordinates and
derived geometric elements) or graphical form (images, drawings and maps) [68]. Multiple
research fields are involved, including optics, projective geometry and cloud computing.
One of the many benefits of photogrammetric models is that they allow 2D photo stills to
be compiled into a 3D rendering, sometimes referred to as a digital twin, which enables
researchers, workers, and other interested parties to easily visualise the layout and con-
ditions within a contaminated building as a virtual walkthrough and without requiring
PPE or exposure to a high radiation dose. It also allows precise measurements to be made
of structures that would otherwise be difficult to reach or access. Anything that can be
photographed can be rendered into a photogrammetric representation, from sand grains
to landscapes.

Photogrammetry straddles the line between qualitative and quantitative data. Al-
though its primary use is in recreating environments for users to explore safely, it can
also determine some length measurements such as the height and width of infrastructure
features such as tanks, furniture, and walkways. These are not as accurate as using a
properly calibrated measurement tool but can be very helpful in obtaining approximate
dimensions of internal and external structures. These digital twins, and the photographic
records from which they are constructed, can be used to compare changes such as structural
degradation, damage, and destabilisation over time in a quantifiable manner. They also
enable the study of details which may have been missed in the field due to time constraints,
poor lighting, or investigative priority decisions.
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This has broad implications for inspection protocol and informed decision-making
within hazardous facilities.

4.6.1. Analysis Principle

Image coordinates from n views, n exterior orientations, 3D coordinates, inner orienta-
tions of the camera, camera models, and other further observations such as measurements
and pattern recognition all combine to produce a photogrammetric model.

Image coordinates define the locations of the object points’ images on the camera. The
exterior orientation of a camera defines both its location in space and its view direction.
The 3D coordinates define the locations of object points within the 3D space.

The inner orientation defines the geometric parameters of the imaging process. This is
primarily the focal length and lens distortions.

These are especially seen in wide-angle lenses such as those used by consumer-grade
“action cameras”, used commonly in the field due to their rugged build and ease of use, but
every camera lens will have flaws.

These sets of points are then processed within histogram software and analysed for
similarities and combined into a point cloud showing the likely position of all photographs.
This is then further analysed to produce a wireframe mesh, as seen in Figure 4. This mesh
is then turned into a solid model, as seen in Figure 5. The texture is then mapped onto this
mesh to create an image that a viewer can interpret, as seen in Figure 6.

Further additional observations play an essential role in adding value to photogram-
metric models. For example, scale bars, annotated hazards, overlain radiation maps and
marked sample locations vastly increase the amount of information shown in a model.

Photogrammetry is an excellent technique for use in the field because it requires no
specialist equipment. Any modern smartphone with a camera can capture photos suitable
for photogrammetry, as can any basic point-and-shoot/compact digital camera, bridge
camera, digital single-lens reflex (DSLR) camera or image-capable robot or drone. It is easy
for researchers to carry or pilot at least one of these devices into all but the most secure or
sensitive environments, and minimal training is required to take photos in an efficient grid.
Multiple heights, orientations, and positions add complexity and depth to a survey. Still,
valuable results can be produced even when taken from a singular position at multiple
heights and angles, such as on a gantry or accessway.

Figure 4. A cross-section of the wireframe photogrammetry survey of floor two of one of the legacy
ore processing buildings, PChP.
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Figure 5. A cross-section of the solid model photogrammetry survey of floor two of one of the legacy
ore processing buildings, PChP.

Figure 6. A cross-section of the textured photogrammetry survey of floor two of one of the legacy ore
processing buildings, PChP.

Photogrammetric models can be used to create animated “flythroughs” of hazardous
sites, used to train new personnel on the layout and dangers ahead of them before under-
taking an entry, thereby improving safety and reducing the amount of time personnel need
to spend inside and therefore the dose they are exposed to.

Minor specialist training is required to establish a sampling grid method that increases
the utility of photographs taken. Once trained, any member of a field-deployed nuclear in-
dustrial archaeology team wearing sufficient PPE and personal dosimetry can be entrusted
with creating a photogrammetric record. The decision to carry it out should only be taken
when dose rates are relatively well understood. It is a form of data collection that can
be undertaken between other resource-heavy investigative methods—for example, while
waiting for batteries to charge between robot deployments. Operator fatigue is minimal,
although can become an issue during time-consuming investigations that involve large,
multistorey buildings with complex internal features.
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Photogrammetry can also yield evidence that was missed in the field due to poor light-
ing, time constraints, and other confounding factors. For example, Figure 7 shows a poster
that was spotted during an examination of the 3D reconstruction of the site. This allowed a
photo to be found retrospectively, which had sufficient clarity for some translation.

Figure 7. A poster which was spotted after the fact, during an examination of the 3D reconstruction
of the site. The image has been enhanced for clarity.

4.6.2. Limitations of Photogrammetric Surveys

Barriers to accurate photogrammetric processing include inconsistencies between
frames. Within well-lit scenes, this can come from reflective surfaces and mobile surfaces
(such as vegetation moving in the wind). Surfaces with limited texture cause reconstruction
problems unless there are other observable features in the photographs. Within poorly lit
scenes, low light, moving shadows, and variable lighting produced by head torches and
camera flashes all have an impact. Camera blur, image exposure, and other internal incon-
sistencies also prevent appropriate matching on the ability of photogrammetry software
to match images and place them accurately within the 3D model. The algorithms used
can average out occasional photographs containing team members. Ideally, this will be
eliminated by using clear communication and taking surveys while other members of the
team are working elsewhere.

To create as static an environment as possible, floors were photographed by two
analysts “back-to-back” around noon whenever sunlight can reach the scene. This ensured
that lighting was as full and consistent as possible, facilitating the use of two different
camera models. This method also enabled analysts to stay out of photographs.

The point cloud in photogrammetry derives from extra processing done after collection.
In contrast, a LiDAR point cloud is a direct product, available in seconds when the position
of the sensor is understood.

4.7. LiDAR Mapping

Using 3D scanning light detection and ranging (LiDAR) is increasingly commonplace
in providing rapid measurements of complex 3D spaces such as building sites or civil
engineering projects. In a nuclear industrial archaeology context, LiDAR provides an
enhanced capability over photogrammetry in terms of accuracy (mm versus cm) and the
ability to operate in very low (or nonexistent) external light conditions.

Photogrammetry can generate high-quality 3D maps, but one limiting factor is the
computing power requirements for stitching together the images. This can be a time-
consuming process and is difficult to perform accurately in real time; it is normally done
in post-processing. A LiDAR unit uses the reflection of lasers to find the distance to the
sensor’s surroundings and can use this data to perform simultaneous localisation and
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mapping (SLAM), where successive scans are compared to work out the location of the
unit in space and build up a map. In this way, the position of radiation measurements can
be ascertained in real time. A LiDAR unit can be carried by a human operator, mounted on
an unmanned aerial vehicle (UAV) [69] or unmanned ground vehicle (UGV) [70], mounted
on a robotic manipulator, or mounted to a human operator, and information from other
coincident or adjoined sensors, e.g., gamma spectrometers, can be position stamped by the
LiDAR [70]. An example of an UGV is shown in Figure 8.

If such a sensor is not used, the location of measurements would need to be manually
recorded, increasing burdens on the operator in a hazardous environment and potential
error. As the LiDAR mapping requires no input from the operator, they are free to perform
other tasks if the LiDAR unit can be mounted appropriately on an operator or UAV/UGV,
with the position of each task being accurately recorded.

Two-dimensional LiDARs are more cost effective, but a 3D LiDAR, which consists of
multiple sets of lasers scanning at different angles, can generate a 3D point cloud of a space.
This point cloud can be used to take accurate measurements, and sensor measurements can
be expressed within it. As this is a real-time approach, it can be used to influence strategy
and decision making immediately in the field, as compared to photogrammetry, which
requires some postprocessing.

A LiDAR mapping unit can also be uploaded with existing maps, which the unit
can then use to attempt to localise itself within its current environment. This means that
measurements taken at multiple different times can share the same reference frame, and
thus be directly compared to each other. Photogrammetry models will not have a consistent
reference frame, meaning any comparisons must be done manually.

Figure 8. Deploying a remote-controlled wheeled ground vehicle equipped with gamma spectrometer
and neutron detector in an environment with radioactive contamination.

4.8. Unoccupied Aerial Vehicles and Unoccupied Ground Vehicles

Consumer drones are relatively cheap compared to some scientific instruments and
can be modified for use in the field. Unoccupied vehicles, whether they are aerial or ground
based, provide the possibility of delivering sensors into areas that would be unfavourable
or hazardous to send a human operator. Depending on the variant of unoccupied vehicle
chosen and its associated payload capacity, multiple sensor packages can be included to
collect multiple data types simultaneously, allowing for real-time data fusion and near-
immediate interpretation of the results. This can include sensors that are unsafe for human
operators. Remote surveys and inspections carried out by aerial or ground-based robotic
systems have become significantly more prevalent since 2005, partly due to the significant
reduction in the cost of the robotic platforms themselves [71].
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UAVs provide a terrain-independent method of collecting standoff measurements,
allowing operators to access areas that would otherwise be inaccessible. Three primary
types of UAV exist, consisting of multirotor, single-rotor, and fixed-wing, although a further
subdivision can be made for vertical takeoff and landing (VTOL) vehicles that takeoff and
land like a multirotor, but operate as a fixed wing in flight [72]. Most UAVs operated within
a commercial environment are of the multirotor type, which is generally the easiest to pilot
and offers the most stable platform for data collection, and so the following section will
primarily focus on these systems [72].

There exists a large variation in total size and weight within the commercial offerings
of UAVs on the market. These can range from as little as 250 g to more than 20 kg. However,
the operation of vehicles with a takeoff weight (including batteries and payloads) above
20–25 kg are often more heavily restricted within aviation regulations throughout the world,
making their operation more heavily regulated in many environments. Commercial UAVs
with an overall mass at the lower end of this scale are generally equipped with a single,
integrated camera as a payload, allowing for the collection of visual information through
still images or video. As described above, these can be used for simple visual inspection or
for being processed into photorealistic 3D models through photogrammetry [69]. Generally,
as the UAV increases in size or mass, the weight of the payload that it can also carry
increases. Larger UAVs, therefore, provide an increased capacity to collect data from
multiple payloads simultaneously [73]. Common combinations within radiological and
wider nuclear UAV surveys include the combination of a visual camera, some form of
gamma spectrometer system and, often, a LiDAR scanning system [73–76].

UGVs, while more limited than UAVs in the areas they can cover, can detect low-level
or diffuse sources that would have been invisible to a UAV due to the standoff distance
and the inverse square law [70].

Although a large focus in nuclear industrial archaeology is placed on identifying
the chemical or radiological nature of the material within a site, acquiring a contextual
visual representation of the site and ensuring the continuing safety of operators should
be one of the first objectives for operating workforces. UAVs and UGVs are crucial in
this regard, as they can more easily reach and operate in locations that are physically
problematic or dangerous for humans, and at the same time, offer greater repeatability
and measurement reliability. When coincident radiometric and 3D data is recorded by
using adequate methodologies, there is also an opportunity to postprocess the recorded
data by using inversion techniques, which often utilise Kaczmarz methods [77] to provide
a localisation calculation of possible “hot” emitters in the survey zone. Although this
capability is currently performed in postprocessing, it is expected that near real-time
localisations may be achieved in the near future in concert with advances in the computing
power of microprocessors used in handheld field instrumentation.

Passing through airport security and customs is more straightforward when there
is a basic understanding of the transported equipment, which is nowhere more acutely
felt than in the recent rise of consumer-grade drones. Ten years ago, transporting a drone
battery involved a discussion with security personnel regarding drones and why they need
to be transported; these days, drone batteries and parts in hand luggage do not provoke
much interest.

4.9. Discussion

In this work, we have delineated a toolkit of portable analysis technologies for NIA
applications. As with any toolkit, tools can be added and taken out depending on the
application scenario. The expectation is that the technologies we have outlined will, as a
function of time, evolve to increase their effectiveness and useability, and decrease their
size, energy consumption, and mass.

We expect that more portable analytical tools will become available within the next
decade, for example, Raman, LIBS, and standoff alpha imagers.
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In this work, we have put a series of NIA tools into a case study context. The buildings
assessed in this work presented a series of challenges and hazards, ranging from the
obvious (holes in the floor) to the subtle (doses of up to 8.2 mSv h−1). One of the reasons
that this investigation is important and relevant is that many buildings on the PChP site
are still in use, with complex ownership status leading to previously unknown issues being
uncovered in recent years. For example, the designated outdoor smoking area for one of the
factories was for many years situated next to a highly active, abandoned uranium leachate
storage tank from the building next door. As a direct result of the NIA investigation, this
situation has been resolved by management and the smoking area moved.

For this work at PChP, data from individual instruments was recorded and then later
combined in postmortem analysis. This meant that there was a delay in the fusion of the
data, and therefore a delay in fully understanding the disposition of materials and hazards
within the facility. It is expected that within this decade, technological advancements
will enable a combination of data streams in near real time and with advances in data
transmission technology (5G), the ability to relay large sets of information to a central
repository as it is collected. This will ensure that all data recovered is protected and
archived. With advances in computing power, techniques such as photogrammetry will be
compiled and outputted onsite in minutes, allowing more advanced visualisations of 3D
datasets in real time. Advancements in real-time data visualisation will enhance the relay
and explanation of important arising information to site stakeholders, decision makers,
and workers operating in these environments. Importantly, it will enhance communal
understanding of the whereabouts and significance of any residual radiological risks in a
visually intuitive manner, which is independent of written or spoken language.

Over the next decade, with the continued sensorisation of the industrial world, it is
expected that the field of NIA stands to continually benefit from advances that will be
driven by technology development within other industrial fields of application. Equally,
NIA methodologies could be beneficially applied to other relevant industrial areas, for
example verification of NORM contamination of oil and gas/mining infrastructure.

Technological advances validated in the field of NIA will have downstream benefits for
nuclear forensics applications of the same tools. Accordingly, as NIA technology advances,
so does NF.

At present, there are many nuclear facilities worldwide reaching the end of their
operational lifetimes, and many countries are planning substantial new nuclear energy
infrastructure to contribute toward net zero carbon emissions targets by the middle of
the century. This means that the field of NIA will apply to an increasing number of sites.
These sites are known to be diverse and contain unique challenges and materials, as no two
sites are the same. It is our assertion that by understanding and cataloguing the nuclear
challenges of the past, it is possible to avoid the repetition of these issues in the development
of this planned nuclear infrastructure. At the same time, NIA enables objective assessment
of the historic value of nuclear industrial heritage, and NIA research provides the scientific
foundations to initiate often much-needed protection and conservation work.

5. Conclusions

In this paper, we have established that NIA is a distinct and separate branch of science
from nuclear forensics, although the two share a common history and set of techniques.
This distinction has clear benefits for practitioners and clients. A toolkit of in situ analysis
techniques has been presented for NIA applications, with the selection based on prior
experience from field trips and industrial investigations.

A thorough technical plan is key to any scientific investigation, especially those under
time pressure and weight limits. To that end, field NIA aims to provide a systematic,
semistandardised approach to data collection within a complex radiological environment.

This paper defines a methodology for combined application of this toolkit of analysis
techniques, which if applied to other sites in a standardised manner, will allow comparisons
to be made between investigations.

55



Sustainability 2023, 15, 6178

Author Contributions: Conceptualisation, E.I.H. and Y.V.; methodology, E.I.H., Y.V. and T.B.S.;
validation, E.I.H., Y.V. and T.B.S.; investigation; E.I.H., Y.V., D.T.C. and T.B.S.; data curation, E.I.H.;
writing, E.I.H., Y.V. D.T.C. and T.B.S.; visualisation, E.I.H.; illustrations: E.I.H. and Y.V.; draft review:
E.I.H., Y.V., D.T.C., T.M., M.H. and T.B.S.; project administration: T.B.S.; funding acquisition: T.M.,
M.H. and T.B.S. All authors have read and agreed to the published version of the manuscript.

Funding: D.T.C. acknowledges funding from UK Research and Innovation (UKRI) through the Na-
tional Center for Nuclear Robotics (NCNR) (EP/R02572X/1) and from National Nuclear Laboratory
(NNL) through the R&D Decontamination Science Core Science Theme and NNL Post-doctorate
Programme. Y.V. acknowledges funding from UKRI though the NCNR and Robotics and Artificial
Intelligence for Nuclear Applications (RAIN) research programs.

Data Availability Statement: The data presented in this study are available on request from the
corresponding author. The data are not publicly available due to the sensitive nature of nuclear
facilities where data was collected.

Acknowledgments: The authors wish to thank the Ukrainian Government and the management
and staff of the Prydniprovksy Chemical Plant in Kamianske for their hospitality, and generously
provided access to nuclear facilities on-site. Additionally, the authors thank Alex for the logistic
support during field deployments in difficult circumstances. The authors thank Matthew Ryan
Tucker of the University of Bristol Interface Analysis Centre for his input into the discussion on robot
mounted LiDAR mapping. The authors also extend their gratitude to Sofia Leadbetter of the National
Nuclear User Facility for Hot Robotics (NNUF-HR) for the administrative support and access to
research tools such as the Vanta pXRF used in this study.

Conflicts of Interest: The authors declare no conflict of interest. The funders had no role in the design
of the study; in the collection, analyses, or interpretation of data; in the writing of the manuscript; or
in the decision to publish the results.

Abbreviations

The following abbreviations are used in this manuscript:

2D 2-dimensional
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DSLR Digital single lens reflex camera
EDXRF Energy dispersive X-ray fluorescence spectroscopy
GM Geiger-Müller
HPGe High-purity germanium detector
HRGS High-resolution gamma-ray spectroscopy
IAEA International Atomic Energy Agency
ICP-MS Inductively coupled plasma mass spectroscopy
ITDB Incident and Trafficking Database
LCD Liquid crystal display
LE Light elements
LIBS Laser induced breakdown spectroscopy
LiDAR Light detection and ranging
NAA Neutron activation analysis
NF Nuclear forensics
NIA Nuclear industrial archaeology
NORM Naturally occurring radioactive materials
PChP Pryniprovsky Chemical Plant
PED Personal electronic dosimeter
PPE Personal protection equipment
pXRF Portable X-ray fluorescence spectroscopy
REE Rare earth element
SEM Scanning electron microscope
SLAM Simultaneous localisation and mapping
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UGV Unoccupied ground vehicle
VTOL Vertical take-off and landing
XRD X-ray diffraction
XRF X-ray fluorescence spectroscopy
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Abstract: The radioactive sludges formed at the bottom of high-level liquid waste (HLW) storage tanks
pose challenges when the HLWs are vitrified. This study aims to determine the influence of the sludge
content (enriched in Na2O, Al2O3, NiO, Fe2O3, and BaSO4) on the structure and properties of waste
glasses in order to find the optimal ratio of sludges to HLW during vitrification. In the experiments, the
simulated sludge and simulated HLW were mixed at different ratios from 0:8 to 4:4, with an overall waste
content of 16 wt %, in a borosilicate glass wasteform. It is found that the glass density, molar volume,
sulfur retention, and glass transition temperature changed little when increasing the sludge content of
the glasses, while the viscosity, chemical durability, and crystallization features of the glasses varied
notably. The crystals formed in the glasses during the thermal treatment were exclusively Fe-substituted
diopside (Ca, Mg, Fe)2Si2O6. An increase in the Al2O3 and NiO content of the glasses may have been
responsible for the increased crystallinity at high temperatures. The leaching rate of Si, B, Na, and Cs
from the glasses declined with the increasing addition of sludge to the glasses. Although all the glasses
fulfilled the requirements for vitrification processing and glass-product performance, it is recommended
that the sludge content of the whole waste should not exceed 25 wt %. This study guides further research
on the immobilization of high-level sludges.

Keywords: high-level liquid waste; radioactive sludge; vitrification; glass crystallization

1. Introduction

High-level liquid waste (HLW) from the reprocessing of spent nuclear fuels is highly
radioactive, toxic, and mobile; thus, it is extremely detrimental to human beings and the
environment. Therefore, to achieve the sustainable development of nuclear energy, HLWs
must be appropriately immobilized into reliable hosts before geological disposal. Vitrification
is recognized worldwide as the primary choice for immobilizing high-level nuclear waste [1].
Among the vitrification technologies developed so far, Joule-heated ceramic melter (JHCM)
technology is the most widely applied and borosilicate glasses are the most commonly used
immobilization hosts [2,3]. China operated a vitrification plant, i.e., the Vitrification Plant
of China (VPC), since 2021 to produce borosilicate nuclear-waste glasses based on JHCM
technology for the immobilization of legacy HLWs generated at early ages.

These legacy HLWs are usually rich in Na, Fe, Al, and S, with some traces of Ln and
U [4,5]. During their long-term storage in tanks, various insoluble substances can form due
to hydrolysis and salt precipitation, and the precipitates gradually sink into the bottom to
form sludge layers [6]. Because the sludges are categorized as high-level nuclear waste due
to their significant content of radioactive cesium and actinides, they must be immobilized
into reliable matrices for deep geological disposal. Ideally, these sludges should be vitrified
with the liquid HLW during the operation; however, because of the significant differences
between the compositions of sludges and liquid HLWs, blending them may have signif-
icant effects on the vitrification process and the properties of borosilicate waste glasses.
Furthermore, vitrifying radioactive sludges alone is also considered a possible method for
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the treatment of these sludges; however, the waste loading is limited by the formation of
sulfates and spinels in glass melts, according to our preliminary results. Similar sludges
are also abundant at the Hanford sites in the USA, and both glass and ceramic waste forms
have been developed to immobilize sludges alone [7–9]. In addition, many studies have
focused on the thermal treatment of other types of radioactive sludge, such as Magnox
sludge [10,11] and Fukushima sludge [12], to form glass or ceramic wasteforms.

Unlike HLWs, sludges are prone enrichment in some specific elements. In this study,
the targeted sludge was composed of Na2O, Al2O3, Fe2O3, NiO, La2O3, BaO, and SO3,
with Al2O3, NiO, and BaO contents much higher than those of legacy HLWs. Further-
more, Al2O3 is a common component in nuclear waste glasses. Functioning as a network
former at low contents, it usually gives rise to enhanced glass-network connectivity and
chemical durability, but with an increased crystallization tendency and viscosity [13–16].
Nickel(II) oxide is not commonly found in borosilicate glasses; it is reported to be present
as nanoparticles within glass matrices, and the doping of NiO could lead to increased
glass crystallization [17,18]. Furthermore, BaO has been introduced to nuclear-waste glass
to improve sulfate solubility, although it may result in deteriorated glass-chemical dura-
bility [5,19]. When these differences are combined, the influences might be complex and
should be further investigated.

This study is part of a research project whose aim is to develop glass formulations for the
vitrification of radioactive HLW sludges. The study investigates the influence of sludge contents
on the structure and properties of borosilicate-nuclear-waste glasses by mixing simulated
sludges with HLW simulants at different ratios to produce a series of glasses containing varying
sludge contents. It then investigates the changes in the glass properties using these variations.

2. Materials and Methods

2.1. Raw Materials
2.1.1. Simulated HLW and Sludge

This study used inactive waste simulants instead of natural waste. The chemical composi-
tions of the HLW simulants in Table 1 originated from our previous paper [20], representing a
natural HLW stream to be vitrified in China. During this study, a few minor components were
omitted to simplify the experiments. The compositions of the simplified sludge simulants are
also listed in Table 1. In order to evaluate the influence of sludge additions to HLW, the sludge
simulant was mixed with HLW simulant at a ratio of 0:8, 1:7, 2:6, 3:5, and 4:4 (on an oxide
basis), with the overall waste loaded constantly at 16.0 wt % in the glass.

Table 1. The chemical composition of the simulated HLW and sludge.

Simulated HLW Simulated Sludge

Oxide Content (wt %) Oxide Content (wt %)

CeO2 0.35
Cr2O3 2.02
Cs2O 0.09
K2O 0.61

La2O3 11.63 La2O3 5.0
Fe2O3 21.46 Fe2O3 20.0
Al2O3 8.77 Al2O3 25.0
BaO 0.13 BaO 5.0

Na2O 45.41 Na2O 20.0
MoO3 0.78
Nd2O3 0.69

NiO 2.56 NiO 20.0
P2O5 0.44
SO3 4.62 SO3 5.0
SrO 0.05
TiO2 0.32
Y2O3 0.09
Total 100.00 Total 100.00
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2.1.2. Basic Glass

The basic glass was composed of 53.44 wt % SiO2, 14.60 wt % B2O3, 4.40 wt % Al2O3,
2.60 wt % Li2O, 5.21 wt % Na2O, 5.20 wt % MgO, 8.00 wt % CaO, 4.16 wt % BaO, 1.79 wt %
V2O5, and 0.60 wt % Sb2O3, which was identical to the proportion currently used in the VPC
project [20]. The basic glass contributed to 84.0 wt % of the final glass composition.

2.2. Glass Preparation

The glasses were labeled NJn, namely NJ0, NJ1, NJ2, NJ3, and NJ4, where n denotes
the ratio of the sludge to the sum of the sludge and HLW. All the HLW simulants, sludge
simulants, and primary glasses were made from the corresponding oxides, carbonates, and
sulfates of analytic-grade purity purchased from Beijing Sinopharm Co. Ltd., Beijing, China.

Appropriate amounts of chemicals were weighed to make 300 g glass products, which
were then mixed and mechanically homogenized for 20 min. The batches were placed in
corundum crucibles and heated in an electric furnace subjected to the following heating
profile: 1 h from room temperature to 200 ◦C, 4 h from 200 to 1150 ◦C, and 3 h retention at
1150 ◦C. Subsequently, the glass melts were poured into a preheated graphite mold and
annealed in an annealing furnace at 500 ◦C for 1 h before the furnace was turned off.

2.3. Sample Characterization

Part of the as-cast glasses was crushed into pieces for glass-viscosity measurement,
which was carried out with a Brookfield DV2T Viscometer equipped with an electric
furnace for heating. The measurement started at 1150 ◦C and ended at 950 ◦C, with an
interval of 50 ◦C and a period of about 10 min for temperature stability. The rotor speed
was adjusted to keep the torque range constant at 40–50%. The viscometer was calibrated
with a borosilicate-glass standard prior to use.

Part of the as-cast glasses was crushed and ground into fine powders (≤75 μm) for
X-ray diffraction (XRD), X-ray fluorescence (XRF), and differential scanning calorimetry (DSC)
analyses. The XRD analysis was performed on a Bruker D8 Advance X-ray diffractometer
operating at 40 kV and 40 mA (CuKα), with a 2θ angle of 10◦–70◦, a step size of 0.02◦, and a
dwell time of 0.4 s. The XRF was employed to analyze glass compositions with an ARL Advant
XP+ X-ray fluorescence spectrometer (Thermo Scientific, Waltham, MA, USA). The DSC
curves were recorded with a Netzsch STA 449 F3 Thermal Analyzer, from room temperature
to 1000 ◦C, at a heating rate of 10 ◦C·min−1, under a nitrogen flow. Glass powders between
75 and 150 μm were collected for chemical-durability analysis (the performance-consistency
test, PCT-B). The experiments followed the procedures described in ASTM 1285-14: the glass
powders were immersed in deionized water in poly(tetrafluoroethylene) (PTFE) vessels for
7 days at 90 ◦C with a ratio of the surface area to the leachant volume of 1200 ± 50 m−1.
The concentrations of Si, B, Na, Cs, and other elements in the leachant after leaching were
measured using inductively coupled plasma–atomic emission spectroscopy (ICP–AES) or
inductively coupled plasma–mass spectrometry (ICP–MS).

The crystallization behaviors and the liquidus temperatures of the glasses were analyzed
by the isothermal-heat-treatment method following ASTM C1720-17. Fine glass powders
(~5 g) were placed in a Pt95-Rh5 disk, covered by a Pt95-Rh5 cap, and heated in an annealing
furnace for 24 h in a temperature range of 850–1025 ◦C using intervals of 25 ◦C. The heating
period of 24 h was selected to allow sufficient time for crystal growth within glasses. However,
it should be noted that the crystallization process did not necessarily reach equilibrium during
this period. After the heat treatment, the samples were taken out of the furnace and cooled to
room temperature in the air. The samples were cut diagonally into two halves, one for the
XRD analysis and the other for the scanning-electron microscopy (SEM) observation. The
XRD analysis was identical to that mentioned above; the fraction of the crystals in the glass
was calculated based on the Rietveld refinement method using CaF2 as the internal standard
and the GSAS EXPGUI interface. The SEM observations were performed on polished glass
pieces mounted into epoxy resin and polished with 1 μm of diamond suspension using an FEI
Inspect Quanta650 scanning-electron microscope equipped with an energy-dispersive X-ray
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spectrometer (EDXS, Oxford Instruments, Abingdon, UK). The polished samples were coated
with gold prior to analysis to allow electric conductivity.

3. Results

3.1. Appearance and Homogeneity

The prepared glasses (NJ0–NJ4) were visibly homogeneous. While the bulk of all the
glasses appeared dark green, the color of the powdered-glass samples gradually changed
from light yellow to yellow-brownish with the addition of the sludge content. The color
changes in the glass products are attributable to the high content of transition metals, such
as Fe (Fe2O3) and Ni (NiO), in the sludge. Meanwhile, according to Figure 1, all the glasses
were X-ray-amorphous, and the various samples differed negligibly.

 
Figure 1. The XRD patterns of prepared glasses NJ0–NJ4.

3.2. Glass Composition and Density

The prepared glasses were compositionally close to the nominal values, as listed
in Table 2. The higher-than-expected Al2O3 content (~1 wt %) is likely to have arisen
through the corrosion of corundum crucibles during the glass melting, while the lower-
than-expected Na2O content might have been due to the evaporation of the glass batches
and glass melts at high temperatures. Furthermore, the gaps between the nominal and
measured Al2O3 contents were similar among all the glasses, suggesting that the corrosivity
of glass melts is not affected by the addition of sludge content.

Table 2. The nominal and XRF-measured normalized glass compositions (wt %).

Oxide
NJ0 NJ1 NJ2 NJ3 NJ4

Nominal Measured Nominal Measured Nominal Measured Nominal Measured Nominal Measured

SiO2 44.89 45.20 44.89 44.70 44.89 45.25 44.89 44.76 44.89 44.60
B2O3 * 12.26 12.26 12.26 12.26 12.26 12.26 12.26 12.26 12.26 12.26
Al2O3 5.10 6.15 5.43 6.44 5.75 6.74 6.08 6.99 6.40 7.23
Li2O * 2.18 2.18 2.18 2.18 2.18 2.18 2.18 2.18 2.18 2.18
Na2O 11.65 11.10 11.14 10.67 10.63 10.11 10.12 9.78 9.61 9.25
MgO 4.37 4.24 4.37 4.08 4.37 4.28 4.37 4.35 4.37 4.45
CaO 6.72 6.31 6.72 6.68 6.72 6.53 6.72 6.56 6.72 6.87
BaO 3.51 3.39 3.61 3.37 3.71 3.53 3.80 3.55 3.90 3.75

Fe2O3 3.43 3.58 3.40 3.47 3.38 3.35 3.35 3.43 3.32 3.28
La2O3 1.86 2.01 1.73 2.06 1.60 1.73 1.46 1.58 1.33 1.21
NiO 0.41 0.32 0.76 0.82 1.11 1.05 1.46 1.35 1.80 1.84
V2O5 1.50 1.54 1.50 1.43 1.50 1.38 1.50 1.53 1.50 1.55
SO3 0.74 0.54 0.75 0.62 0.75 0.57 0.76 0.61 0.77 0.53

Sb2O3 0.50 0.56 0.50 0.59 0.50 0.53 0.50 0.56 0.50 0.48
Others ** 0.88 0.62 0.76 0.63 0.65 0.51 0.55 0.58 0.45 0.52

Total 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00 100.00

Note: * The content of B2O3 and Li2O is not measured; ** Others include Cr2O3, K2O, ZrO2, P2O5, MoO3, Cs2O,
SrO, CeO2, and Y2O3.
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Sulfur retention is always a concern in vitrification because of the formation of detri-
mental yellow phases [1,3,21]. In this study, the sulfur content retained in the glasses
fluctuated from 0.53 to 0.62 wt %, with a retention rate ranging from 68.8% to 82.7%, as
plotted in Figure 2. As plotted in Figure 3, the glass density and the molar volume remained
constant in the range of 2.72–2.74 g·cm−3 and 23.8–24.0 cm3·mol−1, respectively, as the
sludge content of the glass increased.

 
Figure 2. The measured SO3 retention in glasses NJ0–NJ4.

 
Figure 3. The density and molar volume of glasses NJ0–NJ4.

3.3. DSC Curves

Figure 4a illustrates the DSC curves of the prepared glasses. The glasses remained
thermally stable up to the glass-transition temperature (Tg), estimated from the onset of the
first endothermic peak. Moreover, while the Tg of glasses NJ0–NJ2 was constant around
500 ◦C, it increased to 506 and 510 ◦C for glasses NJ3 and NJ4, respectively, as plotted in
Figure 4b. The exothermic peak, indicating the glass crystallization temperature (Tc), was
at 800–900 ◦C. In addition, the intensity of the Tc peak gradually increased from glass NJ0
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to glass NJ4, implying an increased tendency towards glass crystallization caused by the
addition of the sludge.

  

Figure 4. (a) The DSC curves of glasses NJ0–NJ4 and (b) the estimated Tg values.

3.4. Viscosity

Figure 5 presents the viscosity of the prepared glasses at 950–1150 ◦C. The viscosity of
all five glasses steadily decreased exponentially with the increasing temperature, which
agreed well with the widely used Arrhenius-type formula for the viscosity of Newtonian
glass melts [1,22,23], as expressed below:

ln(η) = A + B/T (1)

where η represents the viscosity of the glass melts, A and B are the composition-related
constants, and T indicates the temperature. The introduction of sludge to glass does not
affect the Newtonian nature of glass melts at high temperatures.

Figure 5. The high-temperature viscosity of glasses NJ0–NJ4.
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Meanwhile, the viscosity of the glasses almost linearly increased with the increases in the
sludge content: The viscosity increased from 3.74 Pa·s for glass NJ0 to 4.37 Pa·s for glass NJ4
at 1150 ◦C; at 950 ◦C, it increased from 34.52 Pa·s for glass NJ0 to 45.24 Pa·s for glass NJ4.

3.5. Glass-Crystallization Features

Figure 6 illustrates the XRD patterns of glasses NJ0–NJ4 after 24 h of heat treatment
at different temperatures. Significant crystalline peaks can be observed for all the glasses
thermally treated at 850–950 ◦C, and these peaks (at a 2θ of 19.8◦, 27.6◦, 29.9◦, 30.3◦, 30.9◦,
35.0◦, 35.5◦, 35.8◦, 39.2◦, 40.7◦, 42.0◦, 42.5◦, 43.0◦, 44.3◦, 44.9◦, 52.4◦, 56.7◦, and 65.8◦)
agree well with the patterns of the diopside (CaMgSi2O6, PDF#72-1497), which was also the
dominant crystalline phase in VPC glass [24,25]. No other crystalline phases were observed.

 

 

Figure 6. The XRD patterns of glasses NJ0–NJ4 when thermally treated for 24 h at different temperatures.
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Figure 7 plots the results of the quantitative analysis of the crystallinity in the glasses.
The content of diopside crystals in glass NJ0 linearly decreased from 12.3 wt % at 850 ◦C
to 2.5 wt % at 950 ◦C, and, no crystals were formed during the heat treatment at 975 ◦C.
The crystal content of glass NJ1 slightly increased compared to that of glass NJ0 at all the
treatment temperatures, and the temperature at which the crystalline peaks disappeared
changed to 1000 ◦C. The increasing tendency towards diopside crystallization continued
with the increase in the simulated sludge contents of the glasses, and glass NJ4 had diopside
contents of 26.0 wt % at 850 ◦C and 11.3 wt % at 950 ◦C, coupled with a glass liquidus
temperature (TL) higher than 1000 ◦C.

 
Figure 7. The weight percentages of diopside in different crystallized glasses, as determined by the
quantitative XRD analysis.

Figure 8 illustrates the backscattered electron (BSE) images of glasses NJ0–NJ4 after
the heat treatment at 900 ◦C for 24 h. The formed crystals of all the glasses were tabular or
plate-like and were randomly distributed within the glass matrices. These particles were
generally greater than or equal to 100 μm in length and tens of micrometers in width, with
a tendency to agglomerate and form larger crystals. Figure 8f is a typical EDXS spectrum
taken from the particles in glass NJ0 treated at 900 ◦C, demonstrating that these particles
primarily comprised Si, Ca, Mg, Fe, Na, and O. Table 3 lists the normalized compositions
of the particles formed in the different glasses. It should be pointed out that only the
crystals in the glasses treated at 900 ◦C were analyzed, and our previous unpublished work
showed that the compositions of diopside crystals formed in one glass treated at different
temperatures are essentially the same. All the crystals had a stoichiometry close to that of
the diopside CaMgSi2O6, with a significant substitution of Fe with Ca and Mg. In addition,
the crystals contained small amounts of Al, Cr, Ni, and La.
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Figure 8. The BSE images of the crystallized regions in glasses (a) NJ0, (b) NJ1, (c) NJ2, (d) NJ3, and
(e) NJ4; (f) an EDXS spectrum taken from diopside crystals in the crystallized regions in glass NJ0.
The Chinese word on the top-right means “Spectrum 1”. At the bottom the words mean “Full scale
4567 cts Cursor 10.627 (14 cts)”.

Table 3. The chemical compositions of the crystals in the glasses analyzed by EDXS.

Sample
Atomic Content (Normalized to O = 6; Fe Assumed to Be Present as Fe2+)

Si Ca Mg Fe Al Cr Ni La O

NJ0 2.05 0.77 0.80 0.20 0.02 0.02 0.01 0.03 6.00
NJ1 2.07 0.78 0.77 0.17 0.04 0.01 0.02 0.03 6.00
NJ2 2.07 0.76 0.78 0.19 0.03 0.02 0.02 0.02 6.00
NJ3 2.07 0.78 0.74 0.18 0.03 0.02 0.04 0.03 6.00
NJ4 2.06 0.75 0.77 0.18 0.04 0.01 0.04 0.04 6.00

3.6. PCT-B Test

Figure 9 plots the changes in the normalized leaching rates (NRi) of the Si, B, Na, and Cs
from the different glasses after the 7-day PCT-B leaching test. As was typically found, B and
Na were the major leaching elements, and the Si and Cs leached less. Further, increasing the
sludge content of the glass steadily reduced the normalized leaching rates of these elements:
The NRNa was 0.26 g·m−2·d−1 for glass NJ0 and rapidly dropped to 0.12 g·m−2·d−1 for
glass NJ4; however, NRB was 0.23 g·m−2·d−1 for glass NJ0 and gradually declined to 0.15
g·m−2·d−1 for glass NJ4. The NRSi also showed a decreasing tendency similar to that of
the NRB, but to a much lesser extent, declining from 0.062 to 0.026 g·m−2·d−1. The NRCs
slightly decreased from 0.12 g·m−2·d−1 for glass NJ0 to 0.08 g·m−2·d−1 for glass NJ3, but
it increased to 0.09 g·m−2·d−1 for glass NJ4.
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. 
Figure 9. The normalized leaching-mass loss of Si, B, Na, and Cs of glasses NJ0–NJ4, according to the
7−day PCT−B leaching test.

4. Discussion

4.1. Influence of Sludge Content on Glass Products’ Properties

All the prepared glasses were homogeneous and X-ray-amorphous, indicating that
basic glass can tolerate the addition of at least 50 wt % of sludge to HLW at a given overall
waste-oxide loading of 16 wt % (the level that is currently applied in VPC). Therefore, the
capacity of glass to accommodate sludge content is not the factor that restricts the addition
of sludge to HLW during vitrification.

Introducing sludge into glass leads to minor changes in glass density and molar
volume. Compared with the HLW simulant, the sludge simulant contained more Al2O3
and BaO and less Na2O and La2O3. Both BaO and La2O3 are prone to increasing glass
densities due to the fact that they have greater mass than other components, and the
influence of the addition of sludge to HLW on glass density is balanced by the increase in
BaO content and the decrease in La2O3 content.

It appears that the sulfur retention was not correlated with the increasing sludge
content, although it is widely reported that sulfur solubility and retention behavior are
determined by glass composition [26,27]. One possible explanation for this is that the
fractions of BaO, CaO, MgO, and V2O5 remained stable among the glasses, and they
functioned as the principal oxides for determining the dissolution of the sulfur in the
glass melts. The compositional variation herein, primarily Al2O3, Na2O, and NiO, was
not influential. In addition, the sulfur-retention rates (0.5–0.6 wt %) in this study were
close to the values reported in [5,28,29], in which sulfate-bearing wastes were vitrified in
similar conditions. It is also worth noting that, although the sulfur retention rate was not
particularly high, the “cold cap” and the bubbling stirrer applied in JHCMs can improve
the further dissolution of sulfur into glass melts during vitrification.

The Tgs of all the glasses ranged between 500 and 510 ◦C, which suggests that the
influence of sludge content on the thermal stability of glass is limited. However, the
addition of sludge content does affect the crystallization behavior of glass. The crystals
formed in the glass during the heat treatment were compositionally similar among the
glasses; this was because the major compositional variations among the glasses were Al2O3,
NiO, Na2O, and La2O3, none of which play a vital role in diopside crystallization. The
crystallization tendency linearly increased with the increasing addition of sludge content,
which is likely to have been due to the increased Al2O3 and NiO contents of the glass, which
affected the glass-network stability. Borosilicate glasses containing high Al2O3 contents
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tend to crystallize when heated at specific temperatures [14,16,30], resulting in phase
separations within the glass matrices, regardless of whether the phases contain Al. A small
amount of NiO was found in the formed Fe-diopside crystals, according to the EDXS; thus,
increasing NiO contents may enhance the overall crystallization of glasses. In addition, NiO
is reported to degrade the thermal stability of glass networks and, therefore, support the
crystallization of alkaline-earth borosilicate in CaO-SrO-Al2O3-B2O3-SiO2 glasses [18,31],
although it does not join the crystals.

The chemical durability of glass is improved by the addition of sludge content. This
can be attributed to the increase in Al2O3 content and the decrease in Na2O content in glass,
which gives rise to enhanced glass-network connectivity [13]. Although BaO is reported to
have a reduced impact on the chemical durability of glass [18], it may be overridden by
the notable changes in Al2O3 and Na2O contents. In addition, since the least durable glass
(NJ0) had already been verified for chemical durability [20], all the glasses in this study
were deemed to be sufficiently durable as high-level wasteforms.

In summary, basic glass can tolerate the addition of up to 50% sludge to HLW while
maintaining similar or better glass properties.

4.2. Influence of Sludge Content on Glass Melting

The increase in the viscosity of the glasses (~17% at 1150 ◦C and ~31% at 950 ◦C,
from NJ0 to NJ4, respectively) with the addition of sludge can be attributed to the much
higher content of Al2O3 and lower content of Na2O in the simulated sludge, as reported
elsewhere [23,32,33]. However, despite the apparent increase, the viscosity of all the glasses
still fulfilled the suggested processing requirements (3–6 Pa·s at 1150 ◦C and 20–65 Pa·s at
950 ◦C). Nevertheless, this is likely to have caused the decreased fluidity of the glass melt in
the melter and a decreased pouring rate for glass production, resulting in a longer duration
requirement for glass residence and a long duration of glass pouring. Therefore, although
the current processing parameters may still apply to the addition of sludge, the processing
methods need to be modified along, with their operation. If a variation in viscosity of less
than 10% is needed, NJ1 and NJ2 glasses are more desirable.

The liquidus temperature TL of the glass should be sufficiently low (e.g., ≤950 ◦C) for
no or few crystals to be present in glass melts at the temperatures set for pouring, so as to
prevent the emergence of residual crystals in glass melts from the clogging of the discharge
valve. In this study, the addition of sludge to the glass led to a notable increase in TL (from
950–975 ◦C for glass NJ0 to 975–1000 ◦C for glasses NJ1–NJ3 and to 1000–1025 ◦C for glass
NJ4). This increase was probably due to the increase in the Al2O3 and NiO contents in
the glass; NiO is reported to strongly increase TL at ~80 ◦C per wt % in nuclear-waste
glasses, and Al2O3 increases TL to a lesser extent [34,35]. Increases in TL increases the risk
of clogging glass melters, especially when glass melts are readily crystallized. Therefore,
glasses NJ0–NJ2 are considered more acceptable, from the point of view of the liquidus
temperature, for maintaining a low crystal content in glass melts at 950–975 ◦C.

As a result, the use of NJ0–NJ2 glasses, in which the ratio of sludge to HLW is from 0:8
to 2:6, is recommended to facilitate the glass melting process.

5. Conclusions

Borosilicate glasses containing different amounts of simulated HLW and sludge were
successfully produced, with all the glasses being amorphous and homogeneous. From the
above results and discussion, the following conclusions can be drawn:

• The substitution of sludge for HLW was conducive to minor changes in the glass
density, molar volume, glass-transition temperature, and sulfur retention.

• The substitution of sludge for HLW gave rise to a notable increase in the viscosity and
chemical durability of the glasses. Upon heat treatment, the crystallinity increased
with the increasing sludge content in the glass, although the formed crystalline phases
in the glasses remained the same.
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• The glasses NJ0–NJ2 were proposed to vitrify the HLW blended with the sludge from
the perspective of melter processing; that is, the sludge content in the overall waste
should not exceed 25 wt %.

However, considering the varying compositions of the sludges in and among HLW
tanks, the influence of individual elements in sludge on glass properties should also be
determined. An acceptable range of compositional fluctuation is needed for application. In
addition, optimization of basic glass formulations for mixed sludge and HLW vitrification
was also studied in our recent work.
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Abstract: Spent ion-exchange resins (SIERs) generated yearly in large volumes in nuclear power
plants (NPPs) require particular predisposal handling and treatment with the primary objectives of
waste volume reduction and lowering the disposal class. Deep decontamination of the SIERs using
solution chemistry is a promising approach to reduce the amount of intermediate-level radioactive
waste (ILW) and, thus, SIER disposal costs. However, the entrapment of nonexchangeable radionu-
clides in poorly soluble inorganic deposits on SIERs significantly complicates the implementation of
this approach. In this work, the elemental and radiochemical compositions of inorganic deposits in an
intermediate-level-activity SIER sample with an activity of 310 kBq/g have been analyzed, and a fea-
sibility study of SIER decontamination using solution chemistry has been conducted. The suggested
approach included the magnetic separation of crud, removal of cesium radionuclides using alkaline
solutions in the presence of magnetic resorcinol-formaldehyde resin, removal of cobalt radionuclides
using acidic EDTA-containing solutions, and hydrothermal oxidation of EDTA-containing liquid
wastes with immobilization of radionuclides in poorly soluble oxides. The decontamination fac-
tors for 137Cs, 60Co, and 94Nb radionuclides were 3.9 × 103, 7.6 × 102, and 1.3 × 102, respectively,
whereas the activity of the decontaminated SIER was 17 Bq/g, which allows us to classify it as very
low-level waste.

Keywords: spent ion-exchange resins; resorcinol-formaldehyde resins; radionuclides; activated
corrosion products; decontaminating solutions; EDTA; hydrothermal oxidation

1. Introduction

Radioactively contaminated spent ion-exchange resins (SIERs) are a specific type of
radioactive waste generated at various stages of the nuclear power cycle. In nuclear power
plants (NPPs), SIERs are accumulated as a result of the operation of a cleanup system for
the primary coolant, decontamination of water from cooling ponds, deactivation solutions,
trap water, and water streams from special water decontamination systems. The total
volume of SIERs generated in NPPs is estimated as 0.02–0.025 m3/MW of nominal power
for two-circuit reactors of WWER-type NPPs and 0.08–0.025 m3/MW of nominal power for
single-circuit reactors of RBMK-type NPPs [1].

SIERs, which accumulate radionuclides and chemical impurities and cannot be re-
generated and reused, are present in the form of low-level radioactive waste (LLW) and
intermediate-level radioactive waste (ILW) and have to be conditioned to meet the waste
acceptance criteria for a disposal site. The primary objectives of SIER management are
based on the IAEA Technical Document for Management of Spent Ion-Exchange Resins
from Nuclear Power Plants [2] and include volume reduction, immobilization, storage,
disposal, and economic issues. Currently, applied SIER conditioning methods include
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direct solidification using inorganic and organic compounds (cement, bitumen, and plas-
tics) [3–6] and the destruction of the organic matrix via combustion, pyrolysis, liquid phase
oxidation, supercritical water oxidation, or plasma combustion [7–10]. While destructive
methods allow a significant reduction in the volume of solid radioactive wastes to be
sent for disposal, this approach is complicated by the high-temperature release of gaseous
destruction products and the demand for expensive corrosion-resistant equipment. The
direct solidification of SIERs is the first-choice option in many cases, but it leads, as a rule,
to an increase in waste volume. Considering the high difference in disposal costs between
LLW and ILW, blending or concentration averaging intermediate- and low-activity SIERs
was shown to be an efficient way to reduce the amount of waste stored, lower the disposal
class, and minimize disposal costs [11,12].

From our point of view, a very promising approach to safe and economically sound
SIER management is based on the deep decontamination of resins using specially selected
solutions. This will enable one to lower SIERs’ disposal class or, in the ideal case, to reach
a level meeting criteria for industrial (nonradioactive) solid waste. Spent deactivation
solutions containing radionuclides can be processed with the common methods used for
conditioning liquid radioactive wastes (LRWs) to assure safe radionuclide immobilization.
The deep decontamination approach has been previously tested on low-level-activity SIERs
at the Balakovo and Kalinin NPPs (Russia). The decontamination scheme included the
treatment of SIERs with highly acidic solutions with subsequent immobilization of cesium
radionuclides on selective ferrocyanide sorbents. The specific activity of SIERs was reduced
to the level of nonradioactive wastes [13], which demonstrated the applicability of the
proposed strategy to the reduction in radioactive waste volume without the destruction of
the SIER matrix. However, despite the obvious advantages of this approach, it has been
scarcely investigated and reported in the literature so far.

One of the problems in SIER decontamination using a deactivation solution is the
presence of poorly soluble inorganic deposits. Such deposits can be formed during the
purification of the coolant and condensate (crud removed from the nuclear reactor core)
and the processing of SIERs from the intermediate storage together with inorganic filter
materials (for example, perlite) [14,15]. Moreover, the deposition of the dissolved impurities
on resins used in water purification systems is also possible during operation. In this case,
different types of deposits can be formed depending on the pH and water composition,
which is rather typical for mixed-bed ion-exchange filters. For example, the hydrolysis
of dissolved iron ions leads to the precipitation of iron hydroxides [16,17], which is ac-
companied by the coprecipitation of corrosion radionuclides (e.g., 60Co) and a subsequent
formation of the mixed oxide phase. Since many of such oxides are insoluble in nitric acid,
which is used for the regeneration of ion-exchange resins, they are accumulated in resins
from cycle to cycle. The radionuclides occluded by oxide particles are also accumulated.
The presence of Si and Al in the water streams, as a rule, leads to the formation of polysilicic
and aluminum-polysilicic acids and their subsequent transformation to poorly soluble
aluminosilicate deposits both on the surface and inside of ion-exchanger beads [18–20]. A
characteristic feature of such deposits consists of the ability to capture cesium ions at the
stage of deposit formation and after via adsorption. Despite a strict restriction on the Si
content in NPP waters, it continuously enters the circuit and other water streams from the
following potential sources: corrosion of stainless steels (containing up to 1% Si); suction
of technical water from coolers through leaks in pipe fittings; perlite from precoat filters;
defoamers used in evaporation system (bentonite clay and organosilicon compounds); and
technical water from special laundry and sanitary facilities [14,15,21,22].

The binding of radionuclides by the insoluble deposits significantly reduces the efficiency
of SIER decontamination by acid–base regeneration. Thus, high decontamination factors for
SIERs can be achieved only via the removal of non-ion-exchangeable radionuclides.

We have shown earlier that cesium radionuclides can be removed from resins con-
taminated with silicate deposits using alkaline deactivation solutions (DSs). This approach
was applied for the decontamination of a low-level-activity SIER sample from the re-
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search reactor in a scheme including a transfer of the released cesium radionuclides to
resorcinol-formaldehyde resins and then to a ferrocyanide sorbent [23].

In the present work, further development of the earlier proposed scheme and its
application to the decontamination of an intermediate-level-activity SIER sample from
the storage facility of Units 1 and 2 of the Kursk NPP with 137Cs activity of 107 Bq/kg
are reported. This task was additionally complicated by the presence of iron oxides and
corrosion radionuclides with 60Co activity above 106 Bq/kg in the SIER sample.

2. Materials and Methods

2.1. Materials
2.1.1. Reagents

All the reagents used in the present work (sodium nitrate NaNO3, sodium hydroxide
NaOH, disodium ethylenediaminetetraacetate dihydrate Na2EDTA·2H2O, zinc nitrate
hexahydrate ZnNO3·6H2O, resorcinol C6H4(OH)2, formaldehyde CH2O, iron(III) chlo-
ride FeCl3·6H2O, iron(II) sulfate FeSO4·7H2O, nitric acid HNO3, ammonium hydroxide
NH4OH, and hydrogen peroxide H2O2) of a chemically pure grade were purchased from
NevaReaktiv LLC (St. Petersburg, Russia) and used without further purification. Siloxane-
acrylate emulsion (KE 13–36), with a particle size of 160 nm and solid phase content of 50%,
was produced by the scientific production association “Astrokhim” (Elektrostal’, Russia).

2.1.2. Spent Ion-Exchange Resin (SIER)

SIER was sampled from the temporary storage tanks of Units 1 and 2 of Kursk NPP
with an RBMK-1000 reactor (high-power channel reactor). Samples were taken using a
cylindrical sampler at 1/2 of the depth from the surface of the tank and placed into clean
plastic containers for characterization. The SIER sample was a polydispersed mixture
consisting of brown spherical resin beads (cationite KU-2 and anionite AV-17) and fine
dark-brown powder. The radionuclide composition of the sample was determined as
described in Section 2.7.

2.1.3. Ferrocyanide Sorbents

Termoksid-35, a spherically granulated sorbent based on nickel-potassium ferro-
cyanide (32–36 wt %) immobilized in the pores of highly dispersed amorphous zirconium
hydroxide, produced under Technical Conditions 6200-305-12342266–98, was purchased
from Termoksid Ltd., Zarechny, Sverdlovsk Region, Russia, and used as a 0.25–0.5 mm
fraction with a bulk density of 1.3 g/cm3.

FNK-50, nickel-potassium ferrocyanide (50 wt %) coprecipitated with silicic acid gel,
was purchased from JSK “Alliance Gamma”, Russia, and used as a 0.2–0.25 mm fraction
with a bulk density of 0.6 g/cm3.

2.1.4. Synthesis of Resorcinol-Formaldehyde Resin (RFR) and Iron Oxides

Magnetic composite sorbent RFR-M was synthesized via the polycondensation of
resorcinol and formalin in alkaline medium in the presence of synthetic magnetite (10 wt %)
with subsequent solidification at 210 ◦C;. The coercive force of RFR-M at 300 K was
0.8 kA/m. The synthesis and characterization of the composite sorbent RFR-M are described
in [23]. The 0.2–0.25 mm fraction of a bulk density of 0.59 g/cm3 was used.

A model iron oxide labeled with 57Co was synthesized as follows: 50 mL of 0.5 M
FeSO4 solution spiked with 57CoCl2 was added to 100 mL of 0.5 M FeCl3 solution, and then
3% ammonia hydroxide was added dropwise to reach pH 9. After stirring for 20 min, the
colloidal solution was kept for 12 h, and then the precipitate was separated and washed
with distilled water using a Buechner funnel. The precipitate was dried at 50 ◦C until
constant weight, crushed in a mortar, and sieved to obtain a 0.1–0.05 mm fraction. The
activity of the sample was 42.7 × 103 Bq/g. Phases of magnetite (Fe3O4) and goethite
(FeO(OH)) were found in the iron oxide synthesized under the same conditions without a
57Co tracer.
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Porous hematite to be used as a catalyst for hydrothermal oxidation (HTO) was syn-
thesized by the sol-gel method using siloxane-acrylate latex as a template. The synthesis
was performed as follows: 40 mL of 0.5 M FeCl3 solution was added to 200 mL of KE
13–36 emulsion with a latex content of 5%, and then 60 mL of 2 M NaOH solution was
added dropwise until Fe(OH)3 formation. After 30 min of mixing followed by the precipi-
tate sedimentation, Fe(OH)3 gel was separated using a “blue ribbon” filter paper, washed
with distilled water, and dried at 90 ◦C; for 2 h until xerogel formation. The organic
template was removed via xerogel annealing at 900 ◦C; for 1 h in an air atmosphere. The
material obtained was crushed in a mortar, washed with distilled water to separate the fine
fraction by decantation, and dried at 90 ◦C;. The fraction of a size of 0.25–0.5 mm and a
bulk density of 0.9 g/cm3 was used as an HTO catalyst.

2.2. SIER Decontamination Using Alkaline Deactivation Solution (DS)
2.2.1. SIER Decontamination Using Alkaline DS under Static Conditions

The decontamination of SIER with alkaline DS (2.25 mol/L NaNO3, 0.75 mol/L NaOH)
under static conditions was performed in hermetically sealed 250 mL polypropylene vials
as follows: 50 mL of the DS was added to 5 mL of SIER placed in vial no. 1; after mixing
dispersion at 50 rpm for 20 h, the DS was removed with the pipette and transferred to vial
no. 2, and then the activities of the SIER and DS were measured. In the next cycle, a fresh
portion of the DS (50 mL) was added to SIER in vial no. 1. The full cycle of decontamination
and activity measurements was repeated 5 times, and the total volume of DS used was
250 mL.

2.2.2. RFR-M-Assisted SIER Decontamination Using Alkaline DS under Static Conditions

The decontamination of SIER in the presence of RFR-M was performed in two cycles
using 250 mL vials and an alkaline DS as described in Section 2.2.1. In the first cycle, 50 mL
of the DS was added to four no. 1 vials containing 1, 2, 5, and 5 mL of SIER and 0.1, 0.1,
0.25, and 0.1 g of RFR-M, respectively. After shaking dispersions at 50 rpm for 20 h, RFR-M
was localized in the bottom near the vial wall using a flat permanent magnet, and then
pulp (the SIER and DS mixture) was accurately removed and transferred to no. 2 vials.
Thereafter, DSs were removed from no. 2 vials with a pipette and transferred to no. 3 vials.
After measuring activity in vials no. 1–3, DSs were returned to the no. 2 vials (with partially
decontaminated SIER), and fresh portions of RFR-M of the same weight as in the first cycle
were added. Mixing, separation, and activity measurements were performed as described
for the first cycle.

2.2.3. SIER Decontamination Using Alkaline DS under Dynamic Conditions

A total of 150 mL of a DS of the same composition as given in Section 2.2.1 was used
for SIER decontamination under dynamic conditions as follows: 5 mL of SIER was placed
in a sorption column with an inner diameter of 10 mm, then DS was fed at a flow rate of
1 mL/min, and eluate aliquots were taken every 25 mL for activity measurements.

2.3. SIER Decontamination Using Alkaline DS (Scheme 1)
2.3.1. RFR-Assisted SIER Decontamination

To separate the magnetic fraction, 100 mL of an alkaline DS (2.25 mol/L NaNO3,
0.75 mol/L NaOH, and 0.02 mol/L EDTA) was added to 10 mL of SIER in a polypropylene
vial with a flat magnet mounted to the wall. After stirring the dispersion for 5 h, magnetic
particles, SIER, and the DS were sequentially separated for activity measurement as de-
scribed in Section 2.2.2. Then, the DS was returned to the vial with SIER, and three cycles
of decontamination were performed in the presence of RFR-M as described in Section 2.2.2.
Fresh portions (0.4 g) of RFR-M were used in the 1st and 2nd cycles. In the 3rd cycle, RFR-M,
regenerated with nitric acid as described in Section 2.3.2 after the 1st cycle, was used. Thus,
the final ratio (mL:mL:g) of SIER:DS:RFR-M after three cycles of decontamination was
10:100:0.8. After the 3rd cycle, the DS was separated and additionally decontaminated
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using RFR-M collected in the 2nd cycle and regenerated with nitric acid. SIER was further
decontaminated using an acidic DS as described in Section 2.4.

 

Scheme 1. RFR-assisted SIER decontamination using alkaline DS.

2.3.2. RFR-M Regeneration

The regeneration of RFR-M was performed under static conditions as follows: 5 mL of
0.5 M HNO3 solution was added to 0.4 g of RFR-M and kept for 30 min under stirring. The
procedure was repeated 4 times with fresh portions of the eluent. Nitric acid containing
137Cs radionuclides was decontaminated in a column with an inner diameter of 6 mm filled
with 1 mL of FNK-50 sorbent, and the flow rate was varied in the range of 3.5–13 bed
volumes (BV/h) to optimize sorption conditions.

2.4. SIER Decontamination Using Acidic DS (Scheme 2)

A total of 25 mL of an acidic DS containing 0.05 mol/L ZnNO3, 0.05 mol/L Na2H2EDTA,
and 2 mol/L NaNO3 (pH 1.2) was added to 10 mL of SIER decontaminated as described in
Section 2.3.1. After 20 min of contact under constant stirring, the DS was separated, and the
activities of the SIER and DS were measured. Then, a fresh portion of the DS was added to a
vial with SIER. Six cycles of decontamination were conducted with a total DS volume of
150 mL.

 
Scheme 2. SIER decontamination using acidic DS.
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2.5. 57Co Leaching from Model Iron Oxide Using Acidic DS
57Co leaching from model iron oxide was investigated as follows: 0.05 g of iron oxide

was brought in contact with 25 mL of solutions 0.05 M EDTA, 0.05 M Zn-EDTA, and
0.01 M Zn-EDTA under constant stirring. Zn-EDTA solutions were prepared by mixing
Na2H2EDTA and Zn(NO3)2 solutions at an equimolar ratio. In 5 days, the activities of the
solution and iron oxide were measured after the phase separation by centrifugation.

2.6. Decontamination of Liquid Radioactive Wastes (LRWs) Generated during SIER Decontamination

LRWs generated after SIER decontamination, i.e., spent acidic DS (Scheme 2) or a
mixture of spent alkaline DS (Scheme 1) and spent acidic DS (Scheme 2), were decontami-
nated from 60Co radionuclides in a flow-type hydrothermal installation with a stainless
steel reactor with an inner diameter of 8 mm (Figure 1). A total of 1 mL of the catalyst,
obtained as described in Section 2.1.4, was placed in the maximal heat zone (the catalyst
beads were fixed using the stainless cage with a rod thickness of 0.1 mm and mesh size of
0.05 mm). LRWs and an oxidizer (3% H2O2) were fed into the reactor separately using high-
pressure Shimadzu LC-20AT chromatography pumps at flow rates of 0.25–0.75 mL/min
and 0.25 mL/min, respectively. Hydrothermal oxidation was performed at a pressure of
10 MPa and a temperature of 190–240 ◦C; to determine the optimal temperature and flow
rate. The outlet solution was collected, the γ-activity of 10 mL aliquots of inlet and outlet
solutions were measured, and the values were recalculated taking into account dilution in
the reactor.

 
(a) (b) 

Figure 1. (a) Scheme of the laboratory installation for hydrothermal oxidation: 1 and 2—high-
pressure pumps, 3—hydrothermal reactor, 4—single-phase power transformer, 5—automatic volt-
age regulator, 6—heat regulator, 7—thermocouples, 8—flow-type water cooler, 9—pressure gauge,
10—high-pressure relief valve, 11—vessel with contaminated solution, 12—vessel with hydrogen
peroxide, and PV—receiver vessel. Insert: 14—heating zone, 15—zone of the catalyst location, and
16—cooling zone. (b) Photo of the laboratory installation for hydrothermal oxidation.

Then, LRW was decontaminated from 137Cs radionuclides in a column with an inner
diameter of 6 mm filled with 1 mL of Termoksid-35 sorbent at a flow rate of 15 BV/h.

2.7. Methods of Analysis

Radionuclide composition and specific γ-activities were determined using an AT 1315
Gamma–Beta spectrometer with a 63 × 63 mm NaI (Tl) detector (ATOMTEX, Minsk, Be-
larus) and multichannel gamma-spectrometer CANBERRA with a high-purity germanium
semiconductor detector of the SEGe series and Genie-2000 software (Canberra Industries,
Inc., Meriden, CT, USA).
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Gamma (γ) spectra were recorded using an AT 1315 Gamma–Beta spectrometer with
a 63 × 63 mm NaI (Tl) detector (ATOMTEX, Minsk, Belarus).

The specific activity of 57Co (photopeak energy: 122 keV) leached from the model iron oxide
was determined by the direct radiometric method using an RKG-AT1320 gamma-radiometer
equipped with a NaI(Tl) detector measuring 63 × 63 mm (ATOMTEX, Minsk, Belarus).

Micrographs of the SIER surface were taken, and elemental analysis was performed
using a Hitachi TM-3000 scanning electron microscope (Hitachi, Japan) with a Bruker
energy dispersive X-ray spectrometer detector (Bruker Nano GmbH, Germany).

The elemental composition of deposits was determined by energy-dispersive X-ray
fluorescence spectroscopy using a Shimadzu EDX-800-HS spectrometer equipped with an
X-ray tube with Rh-anode.

X-ray diffraction spectra were recorded using a D8 Advance diffractometer (Bruker, Germany).
UV-vis spectra were recorded using a Shimadzu 1650PC scanning UV-vis spectropho-

tometer (Shimadzu, Japan).

3. Results and Discussion

3.1. SIER Characterization

An SEM investigation has revealed an inorganic nature of the fine fraction, which was
mechanically separated from SIER beads or deposited at the beads’ surface (Figure 2). Due
to the inhomogeneity of inorganic particle distribution, the specific activity of different
SIER samples varied, but the average specific activity was about 3 × 104 Bq/g, with
the main contributions from 137Cs-137 (3 × 104 Bq/g), 60Co (3 × 103 Bq/g), and 94Nb
(7 × 102 Bq/g) radionuclides.

 

Figure 2. SEM images and elemental mapping of SIER beads and particles of inorganic deposits.

To investigate the nature of the inorganic deposits, the magnetic fraction was sep-
arated from a dry SIER sample using a flat magnet and analyzed by X-ray fluorescence
spectroscopy: the following elemental composition was found (%): Fe—76, Si—10, Al—3.8,
S—2.1, Zr—2.1, Na—1.8, K—0.96, Cr—0.82, Cu—0.81, Ca—0.48, Mn—0.26, Ni—0.25,
Ti—0.17, Zn—0.07, Nb—0.03, and Sr—0.02. These data suggest that SIER was contam-
inated with silicate and corrosive deposits (crud from the active zone) as well as frag-
ments of fuel element claddings (Zr and Nb). The specific activity of deposits was
137Cs—27.5 × 103 Bq/g, 60Co—64.3 × 103 Bq/g, and 94Nb—5 × 103 Bq/g, which indicates
the relatively homogeneous distribution of 137Cs activity between organic and inorganic
phases, while 60Co and 94Nb radionuclides were concentrated in the deposits. Thus, ef-
ficient mechanical separation or solubilization of the deposits from the SIER matrix is
required to reach high decontamination factors and lower the class of waste.

3.2. RFR-Assisted SIER Decontamination from 137Cs Radionuclides Using Alkaline Solutions

We have previously shown that alkaline NaNO3 deactivation solutions (DSs) were
efficient to release cesium radionuclides from silicate deposits in low-level-activity SIER
samples [23,24]. Here, the feasibility and efficiency of this strategy for the decontamination
of intermediate-level-activity SIER from an NPP storage tank were evaluated. Preliminary
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experiments (Table 1) have shown that washing SIER with an alkaline DS provides an
efficiency of 137Cs removal of up to 96.3%.

Table 1. Efficiency (%) of 137Cs removal from SIER with dependence on decontamination method
and DS: SIER ratio (mL:mL). DS composition—2.25 mol/L NaNO3 and 0.75 mol/L NaOH.

Decontamination Method *
DS:SIER Ratio

10 20 30 40 50

Static conditions (2.2.1) 61 75 80 82 82
Dynamic conditions (2.2.3) 89 95.5 96.3 - -

Static conditions + 0.5 g RFR-M (2.2.2) 99.8 - - - -
* Corresponding section of the experimental part with detailed description of the decontamination method is
given in parentheses.

The addition of sorbents selective to cesium ions to the alkaline DS at this stage is
beneficial to shift the equilibrium of cesium distribution between SIER and the deactivation
solution, i.e., to prevent readsorption of the released cesium ions on SIER, which increases
the decontamination factor [23]. Since the application of highly selective ferrocyanide-based
sorbents is limited by their low chemical stability at pH > 12 [25], resorcinol-formaldehyde
resins (RFRs) with high chemical stability [26] and high selectivity to cesium ions [27] in
highly mineralized alkaline media can serve as an alternative. Indeed, in the presence of
RFR, which concentrates 137Cs radionuclides released from SIER, the efficiency of 137Cs
removal increased up to 99.8% at a significantly lower volume of the alkaline DS (Table 1).

To solve the problem of SIER and RFR separation, magnetite-containing composite
resin (RFR-M) was synthesized and used. Since the idea of RFR-assisted SIER decon-
tamination is based on the shift of the cesium distribution equilibrium, the efficiency of
137Cs transfer from SIER to RFR-M will be determined by the competition of different pro-
cesses characterized by different distribution coefficients (Kd), i.e., Kd(silicate/DS), Kd(SIER/DS),
and Kd(RFR-M/DS), and, thus, by the SIER:DS:RFR-M ratio [23]. The effect of the selected
SIER:DS:RFR-M ratios on the residual activity of 137Cs in SIER has shown (Table 2) that an
increase in RFR-M:DS and RFR-M:SIER ratios facilitates 137Cs transfer from SIER to RFR-M.
A significant reduction in the 137Cs residual activity was attained already after the first
cycle of SIER washing with an alkaline DS, and this result was improved in the 2nd cycle
with a maximal efficiency of cesium removal of up to 99.96%.

Table 2. Residual 137Cs activity (%) on SIER after RFR-M-assisted decontamination at different
SIER:DS:RFR-M (mL:mL:g) ratios (see Section 2.2.2 for details).

SIER:DS:RFR-M * 1:50:0.2 2:50:0.2 5:50:0.5 5:50:0.2

1st cycle 0.4 0.98 1.2 3.9
2nd cycle 0.04 0.08 0.2 1.2

* Total weight of RFR-M after two cycles of decontamination in alkaline DS.

To minimize the volume of the secondary wastes, RFR-M can be regenerated with
acidic solutions and reused. It was earlier shown that selective sorption characteristics
of RFR toward 137Cs radionuclide in highly mineralized alkaline solutions insignificantly
decreased in several sorption/regeneration cycles [23,28,29].

The general scheme used in the feasibility study of intermediate-level-activity SIER
decontamination from 137Cs radionuclides is shown below (Scheme 1). Although a signifi-
cant part of SIER magnetic deposits containing 60Co and 94Nb can be virtually removed
at the stage of SIER/RFR-M magnetic separation, it is not recommended, since the ac-
cumulation in RFR-M of insoluble in HNO3 impurities can negatively affect the RFR-M
performance in consecutive sorption/regeneration cycles. Thus, we suggest performing
magnetic separation of the deposits after the swelling of SIER in an alkaline DS but before
RFR-M addition.
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Scheme 1 was applied for the decontamination of the SIER sample (volume of 10 mL,
weight of 8.7 g, and specific activities: 137Cs 2.7 × 104 Bq/g, 60Co 3.1 × 103 Bq/g, and 94Nb
7.6 × 102 Bq/g), and the γ-spectrum shown in Figure 3 (spectrum 1). Decontamination
was performed as follows: 100 mL of an alkaline DS (DS:SIER ratio 10) of the above men-
tioned composition with the addition of 0.02 mol/L EDTA (EDTA was added to eliminate
hydroxide precipitation) was prepared, and then magnetic particles were separated with a
flat magnet. In this case, aside from the dissolution of silicate deposits, SIER swelling in
alkaline medium facilitates the mechanical detachment of magnetic particles attached to
the beads’ surface, which, in comparison with “dry” magnetic separation, decreases the
probability of capturing SIER beads with the shell of magnetic deposits. At the stage of
”wet” separation, 30% of 60Co, 76% of 94Nb, and about 1% of 137Cs were removed with
magnetic particles (Figure 3, spectrum 2). About 20% of 137Cs, 15% of 60Co, and 2% 94Nb
relative to the initial activity were transferred from SIER to the alkaline DS. Separated
magnetic particles varied in morphology and composition (Figure 4).

 

Figure 3. γ-spectra of initial SIER sample (1), magnetically separated deposits (2), and RFR-M after
the 1st cycle of SIER decontamination before (3) and after (4) regeneration with 0.5 M HNO3.

 

Figure 4. SEM images and elemental mapping of magnetic deposits on SIER.
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After magnetic separation, RFR-M was added, and three cycles of RFR-M-assisted
SIER decontamination using an alkaline DS were performed. The residual activity of the
SIER was 137Cs—127 Bq/g, 60Co—1520 Bq/g, and 94Nb—95 Bq/g, which corresponds to
0.46, 49, and 12.5% relative to the initial activity of SIER, respectively. The efficiency of
cesium radionuclides elution from RFR-M with 0.5 M nitric acid was very high, whereas
contamination with corrosion radionuclides was insignificant due to the preliminary mag-
netic separation of magnetic deposits (Figure 3, spectra 3 and 4). Nitric acid with a specific
137Cs activity of 3.8 × 106 Bq/L was decontaminated using selective sorption on a fer-
rocyanide sorbent, FNK-50, under dynamic conditions at a flow rate of 3.5 BV/h. The
activity of the decontaminated HNO3 solution was 860 Bq/L, which corresponds to a
decontamination factor of 4.4 × 103. This confirmed the possibility of cyclic HNO3 usage
in Scheme 1; however, periodical adjustment of its concentration may be required due to
the H+ consumption for RFR-M regeneration.

3.3. SIER Decontamination from Radionuclides Entrapped in Metal Oxide Deposits

Despite the high efficiency of Scheme 1 for cesium removal from SIER, ~49% of 60Co
activity remained in the resin. 60Co removal was achieved mostly via the preliminary
magnetic separation stage and the cocapture of 60Co-containing crud during SIER/RFR-M
separation (Figure 3, spectra 2 and 4). The remaining 60Co activity in SIER was probably
located in deposits, which cannot be separated magnetically. For instance, iron-containing
particles were still found in SIER after decontamination with the alkaline DS (Figure 5).
Thus, modification of Scheme 1 was required to increase the efficiency of intermediate-
level-activity SIER decontamination.

 

Figure 5. SEM images and elemental mapping of deposits on SIER after decontamination with
alkaline DS.

To release 60Co from SIER, organic acids with good chelating properties, such as
oxalic, citric, and ascorbic acids as well as aminopolycarboxylic acids, are more appropriate
alternatives to mineral acids, which are characterized by higher corrosion activity and lower
potential to leach cobalt radionuclides from the iron oxide phase [13,30]. Among organic
acids, EDTA is the best choice to meet the criteria of stability in nitrate solutions (nitrates
are added to deactivation solutions to prevent readsorption of the anionic complexes on
anion-exchangers during the decontamination of SIERs from mixed-bed filters [31]) and
the ability to chelate transition metal ions, including corrosion radionuclides. Logarithms
of stability constants of EDTA complexes are 16.4 and 41.4 with Co(II) and Co(III) ions,
respectively, and 14.3 and 25 with Fe(II) and Fe(III) ions, respectively [32]. EDTA and its
salt solutions, mostly Na2EDTA, are used in nuclear power facilities to remove corrosion
products from construction materials and cation-exchangers.
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The dissolution of iron (oxy)hydroxide is known to be promoted at lower pH. However,
the addition of inorganic acids to EDTA salt solutions results in the precipitation of poorly
soluble EDTA on the SIER surface (the minimum of EDTA solubility falls into a pH range
of 1.6–2) [33,34]. Avoiding EDTA precipitation at low pH is possible when deactivation
solutions contain EDTA complexes with metal ions. In this case, upon complex formation,
the pH decreases as a result of H+ release from EDTA. For instance, the usage of Zn-EDTA
solution enhances the release of cobalt radionuclide from synthetic iron oxide labeled with
57Co (Table 3). One can see that the dissolution process is accompanied by the consumption
of H+ and proceeds more efficiently in Zn-EDTA than in Na2EDTA solution.

Table 3. Leaching 57Co from the model iron oxide (see Section 2.1.4 for the synthesis) at solid:liquid
ratio of 1:500.

Solution pH0
57Co in Solution, % pHeqv

Na2EDTA 0.05 M 4.4 19.7 5.9
Zn-EDTA 0.05 M 1.8 80.2 2.4
Zn-EDTA 0.01 M 2.2 20.8 3.9

Thus, the SIER sample decontaminated using Scheme 1 (labeled SIER-S1) can be further
treated with an acidic solution containing the complex of Zn(II) with EDTA (Scheme 2).
The advantage of this complex is determined by the amphoteric nature of Zn2+ ions, which
prevents the formation of insoluble hydroxides at a high pH.

The decontamination of the SIER-S1 sample with an acidic DS, containing 0.05 mol/L
Zn-EDTA and 2 mol/L NaNO3, was performed in six steps, using, in each step, a fresh
DS aliquot at a DS:SIER ratio of 2.5:1 (v/v) to elucidate decontamination kinetics in acidic
medium. The release of radionuclides to the DS occurred stepwise (Table 4): 137Cs radionu-
clides were mainly detected in the first aliquot (pH was 8.9 as a result of the neutralization
of the acidic DS with the alkaline DS from the swollen SIER), and a further decrease in
pH resulted in the release of 60Co; moreover, an intensive blue color of the second aliquot
typical for Cu(II) complexes indicated possible desorption of Cu(II) ions from SIER-S1
(Figure 6, Table 4). The γ-spectrum of the solution obtained by mixing aliquots 1–6 is
shown in Figure 7, spectrum 1. Subsequent treatment with 2.25 M NaNO3 solution or an
aliquot of a fresh alkaline DS followed by an aliquot of the acidic DS had no effect on the
SIER residual activity. The specific residual activity of decontaminated SIER was 16.9 Bq/g,
with a 6.9 Bq/g of 137Cs, 4.1 Bq/g of 60Co, and 5.9 Bq/g of 94Nb, and its γ-spectrum is
shown in Figure 7, spectrum 2. Thus, SIER decontamination factors after treatment using
Schemes 1 and 2 were >103 for 137Cs and >102 for 60Co and 94Nb.

Table 4. Radionuclide distribution in acidic DS aliquots with DS:SIER-S1 ratio of 2.5:1 (mL/mL).

Aliquot No.
Radionuclide Content, %

pH
137Cs 60Co

1 41.9 2.1 8.9
2 18.7 40.5 2.76
3 17.3 31.7 1.87
4 13 12.4 1.38
5 6.1 10.3 1.36
6 3.0 3.0 1.34
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(a) (b) 

Figure 6. Photo (a) and UV-vis spectra (b) of acidic DS after stepwise SIER-S1 decontamination.

 

Figure 7. γ-spectra of acidic DS after SIER-S1 decontamination (1) and of decontaminated SIER (2).
Spectra of initial SIER sample and background are given for comparison.

3.4. Decontamination of Liquid Radioactive Wastes (LRWs) Generated during SIER Decontamination

LRW generated in the process of SIER decontamination, including spent alkaline
DS (Scheme 1) and spent acidic DS (Scheme 2), must be processed to safely immobilize
radionuclides in solid matrices.

Spent acidic DS was contaminated with 60Co-EDTA complexes, which are very stable
under normal conditions. Since the removal of radionuclides from this type of LRW is com-
plicated, usually, methods known as advanced oxidation and targeted to the destruction of
the organic part of the complex are used in combination with subsequent 60Co sorption or
precipitation [35–37]. A promising method of such wastes processing consists of hydrother-
mal oxidation (HTO) using hydrogen peroxide as an oxidizer in the flow-type installation.
After the destruction of the complexes, cobalt radionuclides remained in the reactor of HTO
installation in the form of oxide Co3O4. The mechanism of Co-EDTA destruction under
hydrothermal conditions was discussed earlier [38]: the chelate structure degrades as a
result of the electron transfer from the ligand to Co(III), while the hydrogen peroxide is
responsible for the generation of Co(III) from Co(II) and oxidation of organics not bound
to complexes. The application of transition metal (iron, manganese, and nickel) oxides
as catalysts increases the Co-EDTA decomposition rate and decreases the temperature of
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the HTO process [39]: 60Co radionuclides in this case are immobilized in a newly formed
oxide phase of the catalyst. Thanks to the very low cobalt leaching rate from the formed
oxides (<10–6 g/cm2·day), the HTO reactor with a spent catalyst can be considered a solid
radioactive waste (SRW) ready for disposal [40–42].

Hydrothermal oxidation of spent acidic DS was performed with 1 M H2O2 solution.
Figure 8 shows the γ-spectra of the initial solution (spectrum 1) and the solution after
HTO at 220 ◦C; at a volumetric ratio of LRW:H2O2 flow rates of 0.5:0.25 (spectrum 2).
Further decontamination of the outlet solution using the ferrocyanide sorbent Termoksid-
35 provides efficient removal of 137Cs radionuclides (Figure 8, spectrum 3).

 

Figure 8. γ-spectra of spent acidic DS (pH 2.12) before purification (1), after HTO at 220 ◦C; at
volumetric flow rates of 1 M H2O2 and LRW of 0.25 mL/min and 0.5 mL/min, respectively (2), and
after post-treatment using Termoksid-35 sorbent (3).

Spent alkaline DS was contaminated with 137Cs radionuclides, since RFR-M did not
provide complete removal of 137Cs under static sorption conditions. Since EDTA was
added to the solution to prevent hydroxide precipitation in Scheme 1, spent alkaline
DS also contained 60Co-EDTA complexes. Moreover, alkaline solutions after long-term
contact with RFR contain products of RFR oxidative destruction, which is enhanced from
one application cycle to another [43]. Therefore, an appropriate purification scheme for
such solutions is the same as for the spent acidic DS, i.e., HTO and post-treatment with
ferrocyanide sorbent. This approach can be applied to spent alkaline DS and their mixtures
with spent acidic DS.

Figure 9 shows the γ-spectrum of an aliquot of the LWR obtained by mixing spent
alkaline and acidic DSs with a final pH 9.5 (spectrum 1) and the result of its decontamination
by HTO at 220 ◦C; at a volumetric ratio of LRW:H2O2 flow rates of 0.5:0.25 (spectrum 2).
When the volumetric ratio was increased to 0.75:0.25, complete removal of 60Co was not
attained (spectrum 3). The decrease in the decontamination efficiency is related to both
the decrease in the oxidizer concentration and the increase in the cumulative flow rate of
the mixture in the reactor. The advantage of the flow-type HTO installation consists of the
possibility to tune the flow rates of LWR and the oxidizer, as well as the temperature, to
attain the required decontamination factor. Post-treatment of the solution decontaminated
by HTO using a column with Termoksid-35 sorbent provided activity reduction down to
the background level (Figure 9, spectrum 4).

As was shown above, both types of LRW contained complexes of EDTA and cesium
radionuclides. It is worth mentioning that the decontamination of such LRW from 137Cs on
selective inorganic sorbents should be performed after HTO, since the presence of EDTA
in solutions can lead to the decomposition of ferrocyanides due to the binding of metal
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ions from the sorbent phase by EDTA with the formation of stable complexes. This is
evident from the emergence of absorption bands typical for a Ni-EDTA complex in the
electronic spectra of LRW passed through Termoksid-35 (Ni-K ferrocyanide) without HTO
pretreatment (Figure 10).

 

Figure 9. γ-spectra of LRW with pH 9.5 before purification (1), after HTO at 220 ◦C; at volumetric
flow rates of 1 M H2O2 of 0.25 mL/min and of LRW of 0.5 (2) and 0.75 (3) mL/min, and after
post-treatment using Termoksid-35 sorbent (4).

 

Figure 10. Electronic spectra of LRW obtained by mixing spent alkaline and acidic DSs before (1) and
after filtration through Termoksid-35 without (2) and with (3) HTO pretreatment. Electronic spectra
of 0.01 M Ni-EDTA solution is given for comparison.

To sum up, it can be concluded that LRW formed in the SIER decontamination process
can be decontaminated by a combination of HTO and selective sorption to the level at
which we can consider them nonradioactive wastes.

3.5. The Optimized Scheme of SIER Decontamination

Based on the results obtained, an optimized SIER decontamination scheme was sug-
gested (Scheme 3). This scheme was obtained by the supplementation of Scheme 1 (RFR-
assisted alkaline decontamination) with acidic decontamination (Scheme 2) and with an
LRW treatment unit combining HTO and selective sorption in a column with a ferrocyanide
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sorbent. The contributions of each stage to the overall SIER decontamination efficiency
are summarized in Table 5. The decontamination factors for 137Cs, 60Co, and 94Nb ra-
dionuclides were 3.9 × 103, 7.6 × 102, and 1.3 × 102, respectively, and the activity of the
decontaminated SIER was 17 Bq/g. According to the Classification of Radioactive Wastes,
this residual activity is higher than that of exempt waste (EW), which is a few Bq/g, but
meets criteria of very low-level waste (VLLW) [44], which do not need a high level of con-
tainment and isolation and, therefore, are suitable for disposal in near-surface landfill-type
facilities with limited regulatory control [45].

 

Scheme 3. The optimized scheme of SIER decontamination.

Table 5. Specific activities (Bq/g) of the air-dry SIER decontaminated using Scheme 3.

137Cs 60Co 94Nb ∑

Initial SIER 2.7 × 104 3.1 × 103 7.6 × 102 3.1 × 104

SIER after wet magnetic separation 2.1 × 104 1.7 × 103 1.7 × 102 2.3 × 104

SIER after RFR-assisted decontamination using alkaline DS 127 1.5 × 103 95 1.7 × 103

SIER after decontamination using alkaline and acidic DS 6.9 4.1 5.9 1.7 × 101

3.6. Solid Radioactive Wastes Generated after SIER Decontamination

Solid radioactive wastes (SRWs) formed as a result of SIER decontamination using
Scheme 3 include filters with ferrocyanide sorbents, a spent HTO catalyst, and powdered
deposits magnetically separated from SIER. Spent RFR-M after cesium elution can be
dissolved, and the solution formed can be further processed using HTO and selective
sorption [43]; the insoluble inorganic fraction from RFR-M (synthetic magnetite and mag-
netic deposits) can be disposed of as SWR. As the volume of the decontaminated solutions
significantly exceeds the volume of the sorbents and the catalyst used in this process, the re-
duction in the radioactive waste amount to be sent for the final disposal will be determined
by the volumetric LRW/SRW ratio.

The radionuclide distribution between SRW types generated from the application of
Scheme 3 to the decontamination of 10 mL of SIER is shown in Figure 11: 137Cs is immo-
bilized in ferrocyanide sorbents, 60Co is immobilized in an HTO catalyst, and magnetic
deposits contain 60Co and 94Nb.
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Figure 11. γ-spectra of solid wastes generated after decontamination of 10 mL of SIER: 1 mL of HTO
catalyst (1), 1 mL of Termoksid-35 (2), 1 mL of FNK-50 sorbent (3), 0.1 g of magnetic deposits (4), and
0.8 g of spent RFR-M after regeneration with nitric acid (5). Spectra of initial and decontaminated
SIER samples are given for comparison.

4. Conclusions

A feasibility study of decontamination of intermediate-level-activity spent ion-exchange
resins (SIERs) from the Kursk NPP has been conducted with the primary objective to trans-
fer SIER to the category of exempt waste (EW) or very low-level waste (VLLW) to reduce
disposal costs. It has been shown that nonexchangeable radionuclides, which cannot be
removed during resin regeneration, are concentrated in poorly soluble inorganic deposits
represented by aluminosilicates, activated corrosion products, and fragments of the fuel
element cladding. The suggested conceptual scheme of SIER decontamination included
“wet” magnetic separation and sequential washing with alkaline and acidic deactivation
solutions containing EDTA. Magnetic separation provided an efficiency of 94Nb and 60Co
radionuclide removal of ~77% and ~45%, respectively. The decontamination of SIER using
an alkaline deactivation solution (2.25 mol/L NaNO3, 0.75 mol/L NaOH, and 0.02 mol/L
EDTA) in the presence of magnetic resorcinol-formaldehyde resin (RFR-M) allowed the
removal of >99% of 137Cs radionuclides and a significant reduction in 94Nb activity. 137Cs
radionuclides concentrated in RFR-M could be further eluted with nitric acid and immobi-
lized in a ferrocyanide sorbent for disposal. SIER decontamination from 60Co radionuclides,
which are both ion-exchangeable and captured in poorly soluble deposits and were not
separated magnetically, was conducted using acidic solutions containing Zn(II)-EDTA com-
plexes, and the efficiency exceeded 99%. The activity removed from SIER was transferred to
the inorganic solid matrices using selective sorption and hydrothermal oxidation (HTO),
which provided an efficient reduction in the solid waste volume, virtually avoiding the
generation of additional liquid radioactive wastes.

To sum up, the application of the suggested strategy allowed a decrease in the specific
activity of the SIER sample from 3.1 × 104 (2.7 × 104 Bq/g of 137Cs, 3.1 × 103 Bq/g of
60Co, and 7.6 × 102 Bq/g of 94Nb) to 16.9 Bq/g (6.9 Bq/g of 137Cs, 4.1 Bq/g of 60Co, and
5.9 Bq/g of 94Nb), with the final decontamination factors above 103 and 102 for 137Cs and
60Co and 94Nb, respectively. Although the decontaminated SIER did not meet criteria for
EW (a few Bq/g), it can be considered VLLW (tens of Bq/g) [44] and, according to IAEA
recommendations [45], is suitable for disposal in near-surface landfill-type facilities with
limited regulatory control.
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Abstract: Studies of leaching of vitrified simulated high-level radioactive waste (HLW) evidence
that most of actinides or their simulators enter leaching water in a colloidal form. In this paper,
we consider a mechanism of colloid-facilitated migration of radionuclides from an underground
repository of HLW located at a depth of a few hundreds of meters in fractured crystalline rocks. The
comparison between data of field and laboratory measurements showed that the bulk permeability
of the rock massif in field tests is much greater than the permeability of rock samples in laboratory
experiments due to an influence of a network of fractures in the rock massif. Our theoretical analysis
presents evidence that this difference can take place even in a case when the network is not continuous,
and the fractures are isolated with each other through a porous low-permeable matrix of the rock.
Results of modelling revealed a possibility of mechanical retention of radionuclide-bearing colloid
particles in the frame of rock during their underground migration.

Keywords: radioactive waste; underground repository; radiocolloid; migration; ground water;
fractures; mechanical retention

1. Introduction

Observed climate changes and the necessity to reduce emission of greenhouse gases
increases the significance of nuclear power engineering. Sustainable development of the
atomic industry calls for a safe solution of high-level radioactive waste (HLW) management.
The most effective and reliable approach to solving the problem at present is disposal of
conditioned (solidified) HLW in underground repositories at a depth of several hundred
meters [1–3]. Safety of such geological repositories is based on the multibarrier concept,
which implies that both engineered and natural barriers provide for a reliable isolation of
HLW in the repository from the biosphere. The engineered barriers include waste forms,
canisters, and containers for solid HLW, backfill for holes in the repository where the
canisters are disposed of, and repository construction units. The natural barrier is a rock
massif between the loaded part of the repository and the biosphere [2,4]. The engineered
barriers can degrade during the time period that is comparable with the half-life of many
radionuclides from the HLW’s composition [5]. As a result, after an initial period, the rocks
can be considered as the main isolation barrier protecting the biosphere from HLW. The
main hazard of radionuclides ingress from HLW to the biosphere is caused by their trans-
port by groundwater, which flows in rocks through systems of connected pore and fracture
voids [6–8]. These systems are called flow channels, the scales of which are considered
in [9]. Reliability of HLW isolation depends on the time of radionuclides migration from the
loaded part of the repository to the biosphere. Concentration of radionuclides in ground-
water decreases during their migration to the biosphere due to radioactive decay. If the
concentration in the groundwater at its leakage to the earth surface (or to a water reservoir
or a river net) is less than a maximum allowable level, the natural barrier is reliable, and
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the repository is safe [1]. Therefore, duration of radionuclides migration through the rocks
and then the migration velocity is of paramount importance for the repository safety.

This paper analyses the process of radionuclide migration from underground reposi-
tories to the biosphere via colloid-facilitated transport of radionuclides by flowing ground-
water accounting for the mechanical retention of colloidal radionuclide-bearing particles.

Continuum-scale modeling of groundwater flow in fractured rock with an explicit
treatment of rock fracturing is used in many safety assessments of hazardous underground
radiation objects. One of the first such models was proposed by Barenblatt et al. [10].
Development of this approach as applied to contaminant transport in fractured rocks was
presented by J. Bear [6], I. Neretnieks [7], and C.-F. Tsang [11]. Reviews of methods for
continuum-scale modeling flow in fractured rocks are provided in [12,13]. Most attention
is paid to the influence of fractures that form a connected network. However, there is
an option that the fractures do not form a linked structure even in a case when elevated
permeability of the rock indicates directly a significant influence of rock fracturing. The
fracture network channelizes the groundwater flow in this case, but the fractures can be
disconnected, and parts of the groundwater streamlines between the fractures run through
the rock matrix.

A substantial ecological hazard can be caused by a release of radionuclides from the
underground repository of HLW and their transport from the repository to the biosphere.
The groundwater can carry radionuclides as ions and colloid particles (radiocolloids). Since
the radiocolloids can be much more mobile in the underground medium than the radionu-
clide ions they can represent the most hazardous form of radionuclides migration [8]. The
intervals of the rock matrix between the disconnected fractures along the same streamlines
of the groundwater can serve as filters for the particles of radionuclide-bearing colloids.
Analysis of this option is the objective of this study.

We show that (i) even a system of disconnected fractures can cause a difference by
a few orders of magnitude between bulk permeability of rock massif and permeability
of the nonfractured rock matrix; (ii) analysis of permeability measurement at the site of
potential federal repository of HLW indicates that fractures in the rock are, at least, partially
disconnected; (iii) intervals between the disconnected fractures along the same streamlines
of the groundwater can be effective filters retaining radionuclide-bearing colloids. Analysis
of the influence of disconnected fractures on the bulk permeability of rocks is carried out
by methods of computer modelling.

2. Colloid-Facilitated Transport of Radionuclides by Groundwater

As a result of sorption on walls of the flow channels, cations of many radionuclides
should move at a velocity that is much less than velocity of the groundwater [14,15]. Let
us denote velocities of any contaminant and the groundwater as Vc and Vf , respectively.
As a first approximation, one can assume that sorption is reversible and satisfies the
linear equation

Cr = ρKdC, (1)

where Cr and C are mass fractions of the contaminant in the rock and in the groundwater, ρ
is groundwater density, Kd is a coefficient which characterizes sorption properties of the
rock to the contaminant.

Then ratio between Vc and Vf satisfies the expression

Vc/Vf = 1/(1 + ρrKd/ϕ), (2)

where ρr is rock density and ϕ is rock porosity.
The higher sorption properties of the rocks to the contaminant (Kd), the less is the

ratio Vc/Vf. If sorption of radionuclides on the rocks is absent, the ratio Vc/Vf tends to
1, which is the maximum value of this ratio except of particular cases that are considered
in [16–20]. However, results of radiation monitoring at the sites of significant radioactive
pollution showed that values of Vc/Vf were much higher than it was predicted on the basis
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of sorption properties of the rocks to the radionuclides [16–23]. Similar result was obtained
in laboratory experiments [24]. Elevated values of the radionuclide’s migration velocity
as compared to its predicted values were explained by the assumption that groundwater
carries radionuclides not only as a solute, but also in bound form as colloid particles (by
definition, particles are called colloidal if their size ranges from 1 to 1000 nm), which are
sorbed by the rocks to a lower extent than the radionuclide ions [25]. Colloid particles that
carry radionuclides in groundwater are called radiocolloids. The colloids are subdivided
into three main groups according to their origin: intrinsic colloids, primary colloids and
pseudocolloids [26,27]. Intrinsic colloids consist of particles of colloid size that are com-
posed to a significant extent of radioactive isotopes and their oxi- and hydroxides. Primary
colloids represent colloid particles composed of leaching products of HLW vitreous form
at its contact with groundwater. Pseudocolloids consist of colloid particles existing in the
groundwater before contact with radioactive materials. At contact of the particles with
polluted water radionuclides will be sorbed on these particles.

At present, immobilization of HLW on industrial scale is carried out using Al-P- or
B-Si-glass [3,28,29]. Experiments on leaching of aged Na-Al-P-glass by water show that
more than 95% of actinide simulators in the leaching products are attached to particles
with diameter between 450 and 100 nm [30–32]. Thus, primary colloids represent more
than 95% of actinide simulators’ ingress into the groundwater. Former studies have demon-
strated that formation of two kinds of radioactive colloids: (1) primary—at hydrothermal
alteration of vitreous waste forms and (2) pseudocolloids—at expense of initial colloids of
waters or derived from eroded bentonite buffer are typical processes in the environment of
underground HLW repository [17–25,33–35]. Therefore, one can expect that practically all
actinides resulting from nuclear waste forms corrosion can be carried by the groundwater
in highly mobile colloidal form, which will potentially decrease the safety of the reposi-
tory [32]. However, the probability exists that diameters of the primary colloid particles
can be larger than apertures of the filtration channels, and the coarsest fraction of primary
colloids will be mechanically retained. Analysis of this possibility is the main subject of
this study.

3. Influence of Rock Fracturing

It is known that the bulk permeability of crystalline rocks is usually higher by
1–3 orders of magnitude than the permeability of rock matrix, which is obtained in labo-
ratory measurements on small (∼=10−2 m in size) samples [36,37]. This is caused by the
influence of fractures, the lengths of which are much larger than dimensions of interstitial
voids and pores of the rock matrix. The latter focuses on the mainstream of the ground-
water, which flows through the rock massif. Since they are much larger in size than rock
samples used for laboratory measurement of permeability, laboratory measurements do
not take into account the influence of fractures, and the permeability of small samples (i.e.,
permeability of the rock matrix) is much less than the bulk permeability of the massif. One
can suppose in this case that mechanical retention of radiocolloid should be absent because
the significant difference between bulk and sample permeabilities suggests that the fracture
network and relatively large apertures of fractures are quite sufficient for free movement of
radiocolloid particles along the fractures with the mainstream of the groundwater.

However, the elevated bulk permeability compared with the rock matrix permeability
do only indicate on presence of fractures, although separate fractures can be disconnected
and do not form a linked network through the rock massif.

Let us examine the influence of disconnected fractures on bulk permeability of rocks.
We first consider a 2D cross-section of a fractured rock with porous matrix and chessboard
ordering of the disconnected fractures directed along a mean flow of groundwater in the
rock massif (Figure 1a) noting that the cross-section can be inclined in a general case.
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Figure 1. Diagram of porous–fractured rocks: (a) chessboard ordering of fractures in a porous
permeable rock matrix; (b) recurrent cell of the porous–fractured medium at chessboard ordering of
the fractures in the rock matrix.

Let us consider the groundwater flow in the recurrent cell G and introduce in it
Cartesian coordinates as shown in Figure 1b.

The water flow in the porous matrix (outside the fractures) is governed by Darcy’s
law [15]

vx = − km

μ

∂p
∂x

, vy = − km

μ

∂p
∂y

, (3)

where vx, vy are components of the Darcy’s velocity, km is permeability of the porous
matrix, μ is dynamic viscosity of the groundwater, p = P + ρgz(x, y), P is pressure, ρ is
groundwater density, g is acceleration due to gravity, z(x, y) is altitude of the point with
coordinates x and y above any fixed horizontal plane. Since the cross-section is a plane,
z(x, y) is a linear function. If the cross-section is horizontal, then p = P + const.

Since the groundwater is practically incompressible, components of the velocity satisfy
the continuity equation in the form

∂vx

∂x
+

∂vy

∂y
= 0. (4)

Hence, p satisfies the Laplace equation

∂2 p
∂x2 +

∂2 p
∂y2 = 0. (5)

We assume that the average velocity in cross-sections of fractures is governed by 1D
Darcy’s equation [6]. Then, the flow in the fractures is governed by mass balance equations
in the form

−δk f
km

∂2 p
∂x2

∣∣∣
y=0

= ∂p
∂y

∣∣∣
y=δ+0

, 0 < x < L1 or 2L − L1 < x < 2L;

δk f
km

∂2 p
∂x2

∣∣∣
y=H

= ∂p
∂y

∣∣∣
y=H−δ−0

, L − L1 < x < L + L1

, (6)

where 2δ is fracture aperture, 2L1 is fracture length, 2L is length of the recurrent cell G.
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As a result of mirror symmetry of the streamlines,

∂p
∂y = 0, y = 0, L1 < x < 2L − L1,

∂p
∂y = 0, y = H, {x < L − L1 or x > L + L1}.

, (7)

Let us denote pressures at x = 0, 2L as p0 and p1, respectively. It follows from the
mirror symmetry of streamlines that p0 and p1 do not depend on y. Hence,

x = 0, p = p0; x = 2L, p = p1. (8)

Equalities (6)–(8) are boundary conditions for the Equation (5). The boundary problem
(5)–(8) was solved numerically by finite differences method of successive over relaxation.
Since the considered porous–fractured medium consists of recurrent cells G, we can express
the bulk permeability of the medium on the basis of the obtained numerical solution as

kbulk =
μ

H
2L

p0 − p1

H∫
0

vxdy. (9)

Results of kbulk calculations can be approximated by the dimensionless expression

kbulk
km

= F(h, l, M) =
h2F1(h, l, M) + 0.328F2(h, l, M)

h2 + 0.328
, (10)

where
l = L

L1
, h = H

L1
, M =

δk f
L1km

,

F1 = 1 − 4l
πh FM

{
cos
(

π
2l
)
+ exp

[
−π(M+2.62

2l

]}
,

F2 = 1 +
[

h
2M + 0.439h2

h1.46/(l−1)0.138+0.439FM Fl

]
,

FM = M/(M + 2.62), Fl = exp
{
−(l − 1)2

[
1 + (l − 1)3.57

]}
(11)

Comparison of kbulk/km obtained numerically and calculated by approximating For-
mula (10) is shown in Figure 2.

 

Figure 2. Comparison of bulk permeability values calculated numerically with approximating
Formula (10). Dashed lines correspond to errors of ±25%.
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The chessboard ordering of fractures is of particular importance for estimation of the
influence of disconnected fracturing on bulk permeability of rock massifs. Let us consider
disconnected fractures of equal length and aperture, which are disposed with equal spacing
in rows, and distances between neighboring rows are equal. An example of this type of
fracturing is the considered case of chessboard ordering of fractures. Another example is a
rectangle-cluster ordering of the fractures (Figure 3).

 

Figure 3. Rectangle-cluster ordering of fractures in porous rock matrix.

We show that chessboard ordering corresponds to an extremum in influence of such
fracturing on bulk permeability of rocks. Let us enumerate fracture rows. In the case of
chessboard ordering, middles of fractures in odd rows correspond to middles of intervals
between fractures in even rows (Figure 4a).

 

Figure 4. Modifications of chessboard ordering of the fractures. (a) chessboard ordering of fractures;
(b) chessboard ordering shifted by Δ along the row direction; (c) chessboard ordering shifted by Δ in
the opposite direction.

Let us shift odd rows by a distance Δ along the row directions (Figure 4b). We denote
the bulk permeability of obtained medium as kbulk(Δ). Then we consider shift of the odd
rows from their initial position by a distance Δ in opposite direction, i.e., by −Δ (Figure 4c).
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Permeability of the medium in this case is kbulk(−Δ). Boundary problem (5)–(8) is linear.
This implies in particular that the value of bulk permeability does not change if direction of
the mean flow becomes opposite. Therefore, kbulk(−Δ) = kbulk(Δ). Hence, kbulk(Δ) is an
even function, and

dkbulk
dΔ

(0) = 0. (12)

Therefore, Δ = 0 (which corresponds to chessboard ordering of the fractures) is an
extremum point of kbulk.

In absolutely the same manner, we can show that rectangle-cluster ordering of the
fractures is also an extremum point of kbulk. Since kbulk at chess-board ordering is much
higher than in the case of rectangle-cluster ordering at the same values of h, l, M, it is rea-
sonable to assume that chess-board and rectangle-cluster ordering correspond respectively
to maximum and minimum influence of fracturing on kbulk at the specified h, l, M.

One can see from Figure 3 that the bulk permeability can exceed the rock matrix
permeability by more than two orders of magnitude even in the case of disconnected
fractures. This implies that a significant difference between bulk permeability of the rocks
and matrix permeability (which is measured in laboratory tests [30,31]) is not an argument
in favor of an existence of a network of hydraulically connected fractures, which extends
throughout the rock massif.

4. Characteristics of Fracturing of Nizhnekansky Massif Rocks (Eniseisky Site,
Krasnoyarsk Region, Russia)

Granitoid massif Nizhnekansky is located in the Krasnoyarsk region (Russia). It is
considered a potential territory for the development of a federal underground repository
of high-level and intermediate-level nuclear waste with long-lived radionuclides [3,38].
Studies on the rock matrix were carried out on six samples from different sites and different
depths of the granitoid massif. The core samples were 38–52 mm in diameter and about
150 mm in length. Petrographic and mineral–chemical studies have shown that the rocks
are liable to metamorphic (amphibolite facies with quartz, feldspars, biotite, amphiboles)
and low-temperature hydrothermal–metasomatic alterations (chloritization, sericitization
and argillization), which are correspondingly accompanied by ductile (gneiss texture with
characteristic foliation) and brittle (cataclastic, brecciated textures and microcracks filled
by carbonate, chlorite, sericite and clay minerals) deformations [39,40]. A brief description
of sample compositions and data on their permeability are presented in the Table 1, from
which one can see that permeability of the samples (i.e., permeability of the rock matrix)
does not exceed 3 × 10−18 m2.

Table 1. Composition and permeability of rock samples 1.

Nos Sample Index Composition Permeability, m2

1 K 560.8 Granodiorite 1.488 × 10−18

2 K 613.1 Porphyric adamellite 2.307 × 10−18

3 I 142.6 Gneissic granite with metasomatic alterations 3.712 × 10−20

4 I 491.7 Gneissic granite 8.201 × 10−19

5 I 357.2 Quartz diorite 3.092 × 10−19

6 I 504.6 Quartz diorite 9.595 × 10−19

1 Note: the sample number corresponds to depth of selection at the Kamenny (K) or Itatsky (I) sites.

Data of bulk permeability of rocks of the Yeniseisky site which is considered at present
as the most promising place for development of the vitrified HLW repository are provided
in [41]. Measurements were carried out in exploratory boreholes by pumping tests at
depths up to 700 m. Results of the measurements are shown in Figure 5 (a and b where
permeability k is expressed though hydraulic conductivity f as k = fμ/(ρg), where ρ is
groundwater density, g is acceleration due to gravity; k ∼= 1.16 · 10−13 f in the considered
case if permeability unit is m2, and water conductivity unit is m/day, as in Figure 5b).
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Figure 5. Data of pumping test at the site of the granitoid massif Nizhnekansky, which is selected for
the development of the first federal underground repository of high-level radioactive waste in Russia.
(a) Positions of the boreholes; (b) hydraulic conductivity of rocks.

5. Discussion

Recalculation of the data in Figure 5b shows that permeability of rocks does not exceed
10−15 m2 beneath the depth of 300 m. This is higher by almost three orders of magnitude
than the rock matrix permeability. Hence, one can expect that the bulk permeability is
caused mostly by fractures. However, comparison of different curves in Figure 5b shows
that peaks on one curve are absent at the same depth on curves obtained by tests in
neighboring boreholes though the distance between them does not usually exceed 500 m.
This evidences that fractures do not form hydraulically connected clusters (network) that
extend throughout the whole massif [41]. Hence, a part of the groundwater flow path is
within the rock matrix. Therefore, mechanical retention of radiocolloid is quite probable
in this part of the Nizhnekansky granitoid massif, where research is being conducted to
create the first federal underground repository of high-level nuclear waste in Russia.

6. Conclusions

The main mechanism of radioactive pollution propagation from an underground
repository is caused by the transport of radionuclides by groundwaters to the biosphere.
The groundwater flows in the earth’s crust through connected systems of pore and fracture
voids. These systems are called flow channels. Radionuclides can be carried by the
groundwater as a dissolved component or in the form of colloid particles with attached
radionuclides. Colloidal form can be more mobile in geological media than radionuclide
ions. However, the rocks can mechanically retain radioactive colloid particles if dimensions
of cross-sections of the filtration channels are less than dimensions of colloid particles.
Hence, the possibility of mechanical retention of radioactive colloid remains even in the case
of fracturing increasing bulk permeability of the rocks by a few orders of magnitude. This
statement agrees with data from laboratory examination of rocks from the Nizhnekansky
granitoid massif, which has been selected as a site for the construction of the first federal
underground repository of vitreous high-level radioactive waste in Russia.
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Abstract: An in situ and a batch heating experiment were applied on the fine-grained sediments
of the Opalinus Clay from Mont Terri (Switzerland) and the Boom Clay of Mol (Belgium), both
being currently studied as potential host formations for deep nuclear waste disposal. The purpose
was here to test the impact of a 100 ◦C temperature rise that is expected to be produced by nuclear
waste in deep repositories. The experiment on the Opalinus Clay mimicked real conditions with
8-months operating heating devices stored in core drillings into the rock. The comparison of the major,
trace, rare-earth elemental contents and of the whole-rock K-Ar data before and after heating shows
only a few variations beyond analytical uncertainty. However, the necessary drillings for collecting
control samples after the experiment added an unexpected uncertainty to the analyses due to the
natural heterogeneity of the rock formation, even if very limited. To overcome this aspect, Boom
Clay ground material was subjected to a batch experiment in sealed containers during several years.
The drawback being here the fact that controls were limited with, however, similar reproducible
results that also suggest limited elemental transfers from rock size into that of the <2 μm material,
unless the whole rocks lost more elements than the fine fractions. The analyses generated by the
two experiments point to identical conclusions: a visible degassing and dewatering of the minerals
that did not induce a visible alteration/degradation of the host-rock safety characteristics after the
short-term temperature increase.

Keywords: long-term heat experiments; fine-grained sediments; deep disposal of nuclear waste;
major; trace and rare-earth elements; K-Ar tracing; Opalinus Clay; Boom Clay formations

1. Introduction

Petrophysical, mineralogical and geochemical studies of deep-seated geological sedi-
ments that might be selected as host formations for nuclear waste disposal require careful
controls of their safety characteristics. In order to check these conditions, specific experi-
ments were designed and performed in dedicated experimental underground laboratories.
The data generated during such experiments need to be as representative as possible of the
intrinsic characteristics of the target rocks before any human interference. The challenge is
then the completion of reference analyses and observations as representative as possible of
the original intact rocks.

In this context, appropriate drilling techniques were used in and around the Mont-Terri
rock-laboratory to minimize the exchange reactions between the compositional minerals of
the drilled rocks and the incoming atmosphere. However, despite all the care taken during
such drillings and the conditioning under vacuum of the core pieces, the sampled material
underwent various alteration reactions [1,2]. Oxidation by contact with the atmosphere
resulted from almost instantaneous supply of O2, CO2 and water to rocks that were confined
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in reduced conditions with very limited amounts of fluids and gases for millions of years.
Local disturbances can also occur by an instantaneous dehydration due to temperature
increase, for instance during coring, possibly followed by some rehydration depending on
how the recovered samples were handled, or on the conditions applied to the excavated
sites. It has already been shown, in this context, that deeply buried sediments excavated
for shafts and galleries yield modifications on their walls that were called “excavated
damaged zones” (labeled EDZ hereafter) and “excavated disturbed zones” (EdZ) [3–9].
Horseman [10] suggested even that this recent evolution in the stress path also leads to a
reduction in the permeability of the sediments.

The present study was designed in this context to evaluate analytically the impact
of a long-lasting heating experiment on the geochemical and mineralogical signatures of
host formations and more precisely on the sealing potential of rocks immediately around
containers that are expected to release spontaneously heat due to the nuclear waste itself.
The purpose was not to construct a model based on theoretical hypotheses, but to identify
and quantify the changes on the basis of factual analyses. Indeed, mathematical models
elaborated specifically for deep-disposal of nuclear waste are already available based on the
fact that the storage will induce a moderate but extremely long-lasting temperature increase
on the host rocks (e.g., [11,12]). As the spontaneous heat produced by the radioactive
waste on its immediate environment has already been modeled, analytical controls of
such an impact on the immediate environmental host rocks are now needed to check and
consolidate these models. The present study is based on two experiments to evaluate
such an impact of a long-term artificial heating: (1) on the Aalenian-Toarcian (183–170 Ma)
Opalinus Clay Formation (called OPA hereafter) at the Mont Terri in Switzerland where
an in situ experiment called HE-D was completed, and (2) on the Rupelian (34–28 Ma)
Boom Clay Formation at Mol in Belgium, which was subjected to a batch experiment
during 7 years at an ambient temperature of 80 ◦C. The reason for combining two different
heating experiments on two different sedimentary formations is because the analytical
controls of the OPA rocks after the experiment needed a supplementary coring to obtain
the heated samples. In turn, as even very close samples can be slightly different in their
mineralogy and chemistry, some of the possible analytical differences may be due to the
sample mineralogy and not to the heating experiment. This aspect was not of concern
in the case of the batch experiment as the same samples were analyzed along a “closed”
experiment. However, the number of controls had to remain limited because each needed
the opening of a container, which was lost for the continuation of the experiment.

2. Description of the Experiments, the Sampling and the Analytical Methods

2.1. The In Situ Experiment in the Opalinus Clay of the Mont-Terri Rock Laboratory

The in situ heat experiment was based on the study of the 8-m long BHE-D0 borehole
drilled into the OPA from HE niche of the so-called ‘new gallery’ in the rock laboratory
(Figure 1). The concept was heating the clay formation at a steady temperature in an
undisturbed zone with no protecting backfill material around two heating devices inserted
into the borehole. The mineralogical and geochemical characteristics of the drilled sequence
were examined as references before heating on five samples collected along a second
borehole BHE-D5 drilled perpendicularly to the BHE-D0 borehole from nearby MI niche
through the EDZ and the unsaturated zone of the niche, both zones being considered to be
about 1 m and 1.5 m thick, respectively [13,14]. During the initial 3 months, the two heaters
in BHE-D0 borehole were set to diffuse a progressive heat flux from 15 ◦C to 43 ◦C and, then,
to propagate a temperature of 100 ◦C during 8 months. After these 8 months of heating,
9 more months were allowed for the cooling of the rocks before collection, by drilling, of
the ‘heated’ samples, close to and far from heaters. This sampling was completed along
the BHE-D5 borehole and along a second BHE-D26 borehole cored parallel to the previous
one (Figure 1). The samples from beyond the identified EDZ and EdZ zones were stored
8 more months under vacuum, before analysis. Those of these EDZ and EdZ volumes were
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analyzed previously in a study dedicated to the ‘aging’ effect after a regular excavation of
galleries and niches [2].

Figure 1. (a) Location of the HE-D experiment in the Opalinus Clay of the Mont Terri rock laboratory;
(b) A closer view of the experiment in the MI niche with the different drill holes; (c) The geographic
location of the rock laboratory in Switzerland.
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The 14 to 21 cm long samples collected before the heating experiment along the BHE-
D5 borehole between 2.24 and 8.00 m from heater and at the tip of the BHE-D0 borehole
were also stored under vacuum after recovery. After 11 months of heating and 9 months of
cooling, six samples were collected perpendicularly to borehole BHE-D0 at an increasing
distance from heaters, as well as along the BHE-D26 borehole drilled after heating in the
same rock volume. To keep the collected volume as small as possible and to allow the after-
heat sampling to be as close as possible to that before heating for most reliable comparisons,
micro-cores of 25 mm in diameter were drilled into each of the selected samples for the
planned mineralogical, chemical and isotopic analyses.

2.2. The Batch Experiment of the Boom Clay

The main objective of the longer batch experiment completed on ground Boom Clay
rocks under closed conditions at 80 ◦C during several years (Figure 2) was a precise analysis
of the released CO2 gas yields during heating of potential host material in the conditions
of a deep waste disposal (e.g., [15–17]). Analyses were carried out on whole rocks and
<2 μm-sized residues after dismantling of a batch container at each controlling step. The
initial gas pressure was set at 20 bars and was controlled by pressure sensors connected to
the pressure vessels with Ar as the cushion gas. The complete experiment lasted 2529 days
with an opening for sample collections of two containers after 830 and 1799 days. The
initial rock sample and its <2 μm fraction, and those from the two intermediate steps were
analyzed, before and after an additional leaching with dilute (1M) hydrochloric acid, for the
major, trace and rare-earth elements (REEs) and for the K-Ar isotopic systematics to which
a special attention was given about the desorption of the atmospheric Ar used during the
experiment as the cushion material.

 

Figure 2. View of the long-term batch experiment on the Boom Clay rock ships at 80 ◦C.

2.3. The Analytical Methods

All samples collected for the two experiments were observed by scanning electron
microscope (SEM) and then were crushed gently, a powder aliquot of each being taken for
their mineralogical, chemical and isotopic analyses. For the Boom material, the samples
were subjected to quantitative X-Ray diffraction (XRD), were mixed with 10 wt% of ZnO
as an internal standard, and milled in methanol for 5 min in a McCrone Micronizing Mill.
Then, the powder was scanned on a Bruker D8 instrument equipped with a CuKα radiation
and a Bruker LynxEye detector (Bruker, Billerica, MA, USA). The obtained spectra were
analyzed by the Profex 4.3.2 release [18] and the BRGM mineral database. The XRD analyses
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of the OPA material were completed on a Bruker D5 instrument with the same radiation,
but no LynxEye detector and no special quantification program. Still for the Boom Clay,
the recovered rock powder was settled in distilled water for a classical separation of the
<2 μm size fraction by sedimentation following the classical Stokes’ law. The smeared
<2 μm specimens were XRD analyzed two times in an air-dried and ethylene-glycol state
on a Philips PW1830 diffractometer with a CuKα radiation and a PW3011/00 proportional
detector. In turn, the obtained data of the clay minerals were similar to those described by
Zeelmaekers et al. [19] and Frederickx et al. [20]. The leachates of the rocks and size fractions
were also analyzed for their major, trace and rare-earth elements by Inductively Coupled
Plasma-Atomic Emission Spectrometry (ICP-AES) and Inductively Coupled Plasma-Mass
Spectrometry (ICP-MS), following the procedure of Samuel et al. [21]. The reproducibility
and accuracy tests of the BE-N and GL-O international standards gave recommended
values for the contents with standard deviations better, on the basis of 9 independent runs
during the time of the analyses, than the given average of 2.5% for the major elements, 4.5%
for the trace elements and 10% for the rare-earth elements (REEs).

To constrain best the chemical and mineral variations due to heating and, therefore,
the amounts of the mobilized elements, some of the collected samples were also leached
with dilute (1M) hydrochloric acid during 15 min at room temperature. After leaching,
the mixtures were centrifuged and the leachates evaporated and analyzed for their chem-
ical compositions by ICP-AES and/or by ICP-MS. The K-Ar procedure applied to the
fresh and heated samples and to some <2 μm fractions is similar to that presented by
Bonhomme et al. [22]. The Ar extractions were completed in a glass line coupled directly
with the gas mass-spectrometer; a preliminary degassing at 80 ◦C during 24 h being sys-
tematically applied to remove any adsorbed atmospheric during the sample preparation.
Potassium was measured by atomic absorption with an accuracy of ±1.5%, which was
controlled by periodic analysis of the same B-EN and GL-O international standards. The
quality of the Ar extractions was controlled by a weekly analysis of the standards, as well
as of the atmospheric 40Ar/36Ar ratio and the blank of the extraction line coupled to the
mass spectrometer. There was no need for data corrections as the average content of the
radiogenic 40Ar from GL-O standard and the atmospheric 40Ar/36Ar ratio were close to the
theoretical values at 24.57 ± 0.60 (2σ) cm3/g [23] and 298.6 ± 0.4 (2σ) [24], respectively. The
blanks of the gas line and the gas spectrometer were also far below the measured contents
of the samples. The usual decay constants were used for the age calculations [25] with an
overall error of the K-Ar age determinations better than 2%.

3. Results

3.1. The Characteristics of the Reference Opalinus Clay Material

Previous XRD data gave a classical shaly composition for the OPA sediments [26,27].
Here, the samples appeared quite homogeneous along the 8 m long profile at the SEM scale.
However, observations of pyrite that represents a potential mineral sensitive to heating and
external air supply, showed some discrete changes, even before the heating experiment. In
most samples from cores drilled for the emplacement of the heaters, pyrite occurs either
as visually ‘clean’ framboïdal aggregates or large individual minerals, as for instance in
sample BHE-D5-1 collected 7 m away from heater (Figure 3A). About 2.1 m away, and still
before the heating experiment, some of the framboïds appear slightly erased and ‘polished’
(Figure 3C). After the 8 months heating experiment, the pyrite crystals at 5.6 m from heater
were covered by a veil that looks as it has been torn somehow (Figure 3B), while the surficial
crystals of the aggregates appeared altered and even peeled off with a pristine central core
at 2.0 m from heater (Figure 3D). These modifications suggest some alteration by oxidation
of the aggregated or the individual pyrite crystals, even before the heating experiment.
Janots et al. [28] related similar veils to the activity of sulfate reducing bacteria, which
action could have started right after drilling of the core due to an atmospheric/bacterial
contamination that could have been amplified by the heating experiment.
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Figure 3. SEM pictures of pyrite crystals and agglomerates from OPA sediments. The sample
identifications are in the photographs, as well as the locations, the timing (t = 0 means before heating
and t = 1 means after heating) and the scale (modified from Techer et al. [2]). (A) Picture of large
pyrite and aggregated minuscule pyrite crystals before heating; (B) the same small crystals wrapped
in a veil after heating; (C) an enlargement of the pyrite crystal balls before heating; (D) the same kind
of crystal ball after heating.

Before heating, the major elements from reference rocks along the BHE-D5 drilling vary
only slightly, except an increase in the loss on ignition (LOI) when sampling approaches
the MI niche. This change corresponds probably to the above-identified EDZ/EdZ that was
exposed to atmosphere during the excavations of the gallery and the niche. While most
major elemental contents appear quite constant towards the heater before the experiment,
there is a clear decrease in the CaO content towards the EDZ/EdZ zone of the niche,
together with a decrease of the SiO2 content (Table 1, Figure 4). This decrease in Ca changes
into ups and downs after heating, while the contents of the other elements remain quite
stable. The changing Ca of the rocks along the collection trend suggests discrete natural
mineral heterogeneities due to how the samples were collected and stored after heating.
They were taken as close as possible to the initial samples, as it could not be done differently,
which does not guarantee a strict mineral and, therefore, a strict chemical identity. This
weakness had to be kept in mind, while comparing the chemical data of the samples
collected before and after the heating experiment. In this context, the analytical aspect of
very uniform total contents of the major elements around 100% for the sums of the analyzed
major elements is of importance for overall mineral and chemical uniformities, confirming
also an analytical reproducibility better than the routinely assumed ±2.5% uncertainty. In
sum, it is plausible that some of the changing elemental contents result from a discrete
heterogeneity in the mineral compositions due to the additional drillings rather than to the
long-term heating. In the case of the trace elements, the Sr contents increase significantly
towards the niche and therefore away from heater, while those in Zr, Zn and Cu decrease,
but to a lesser extent. For all other elements, the contents remain quite homogeneous,
again beyond the EDZ and EdZ zones (Figure 5). In fact, the slight changes along the
profile from heater to the MI niche wall decompose into a fair steady content between
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2 to 7-m away from the niche wall, except for Si and Ca, and Sr, Ba and Y. The scatter
becomes larger beyond 7 m away from the wall, which could be due to already reported
lithological variations in the shaly OPA facies [26,27]. Significant elemental variations were
also detected in the analyses of the soluble mineral phases of the samples recovered by
a gentle leaching with dilute hydrochloric (1M) acid during 15 min at room temperature
(Table 2). Indeed, the leachates become clearly enriched in Si, Al and K, while Mg, Fe, Na
and P remain quite stable, and Ca is significantly depleted close to the MI niche before
heating in the EDZ/EdZ zone.

Figure 4. Variations of the major elements from OPA whole rocks during the heating experiment.
The thick bar to the right represents the heater.
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Figure 5. Variations of the trace elements from OPA whole rocks during the heating experiment. The
thick bar to the right represents the heater.

The REEs yield specific characteristics including a strong ionic bond making them
behave as strong acids [29]. Most occur generally with three electrons removed from
three orbitals, while Eu and Ce behave differently: the former yields a half-filled orbital
allowing a stability for the Eu2+ species and the latter yields an oxidation-reduction state
allowing Ce to occur as either Ce3+ or Ce4+ [30]. As the amounts of the REEs in minerals
are naturally quite dispersed among each other, their contents are often compared to those
of international standards such as the North American Shale Composites (NASC) used
here [30]. The widely dispersed REE contents of any kind of sample are then narrowed
and easier to decrypt. Before heating, the REE patterns of the OPA rocks displayed, here,
a decreasing slope from light REEs (LREEs) towards the heavy REEs (HREEs) (Table 3,
Figure 6). The contents are also systematically depleted relative to the NASC reference,
with an analytically significant positive Dy anomaly and a systematic increase of the Yb and
Lu contents. To be also mentioned is the spectrum of the sample from EDZ/EdZ volume
that is similar to those of the other samples.
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Figure 6. (A) The REE distribution patterns of the OPA whole rocks relative to the NASC ref-
erence at various distances from heater before the heating experiment; (B) the same after the
heating experiment.

The K and Ar contents give K-Ar age values, with the isotopic 40Ar/36Ar compositions
of the untreated rocks, from 320.2 ± 10.0 Ma at 8 m from the niche MI to 333.3 ± 11.1 Ma at
1.97 m away (Table 4). An immediate conclusion is that these age data have no stratigraphic
meaning, as the sequence is of Aalenian to Toarcian (183–170 Ma) stratigraphic age. They
necessarily contain detrital minerals with K-Ar ages beyond the stratigraphic deposition
reference. In the detail, the K2O contents of the analyzed samples remain quite narrow
from 3.06 to 2.59%. This variation is within the 1.5% analytical uncertainty of the K
determinations due a plausible interference of a natural heterogeneity of the analyzed rock
volumes and no significant impact on the measured K. The variation of the K-Ar age values
tends also to decrease slightly when approaching the niche, between 8 and 4.4 m, and it
increases again towards the value of the farthest sample when collected closer.
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Table 4. The K-Ar data of the OPA whole-rocks before and after the heating experiment.

Sample IDs
Place/MI Niche K2O Rad. 40Ar Rad. 40Ar Age

(m) (%) (%) (10−6 cc/g) (Ma +/− 2σ)

Initial
BHE-D5 0 8.00 3.06 73.86 34.57 320.2 (10.0)

BHE D5 5B 7.96–8.15 2.63 26.46 30.88 331.7 (11.0)
BHE D5 4B 7.50–7.66 2.81 22.08 31.13 314.5 (10.2)
BHE D5 3B 7.00–7.21 2.87 22.47 31.27 309.7 (9.9)
BHE D5 2B 4.36–4.50 2.92 18.12 30.01 293.5 (9.3)
BHE D5 1B 2.10–2.24 2.76 25.77 30.32 312.0 (10.2)
BHE D5 7B 1.97 2.59 48.85 30.58 333.3 (11.1)

after heating
BHE D5-3 7.00–7.21 2.69 51.70 30.57 345.0 (11.6)
BHE-D5 8 5.50–5.60 2.84 57.73 35.13 347.9 (11.2)
BHE-D5 6 2.45–2.60 2.88 32.10 33.70 330.7 (10.6)
BHE D5-1 2.10–2.24 2.65 37.10 32.96 326.1 (11.1)

IDs stands for identities, m for meters, and rad. for radiogenic.

3.2. The Characteristics of the Heated Opalinus Clay Formation

The already described morphological changes of the pyrite crystals suggest a discrete
but pervasive contamination during coring, probably amplified by a bacterial pollution.
After the heating test, the contents of the major elements of the rocks duplicate quite
systematically those of the samples analyzed along the 8-m long cores before heating
(Table 1). Among the visible changes are the Si contents that decrease towards the heater,
together with those of Fe and K, whereas those of Ca and the LOI increase, also towards
the heater (Figure 4). Most elemental contents scatter more widely, together with the LOI
values, along the lastly drilled BHE-D26 core. A few variations concerning specifically the
alkali and alkali-earth elements were observed locally. For instance, the sample located
3.3 m from heater is enriched in Ca compared to the other samples, while the sample
located at 0.27 m from heater is enriched in MgO and depleted in K2O. Again, part of
these variations most probably results from discrete lithological variations expected in
the studied rocks, as was the case along the BHE-D5 core. When compared to the initial
unheated rocks, the chemical compositions of the heated counterparts show no significant
variations in the major elements. Except for Ca and Si, the changing contents could relate to
lithological variations rather than to the heating impact. Also, no chemical trend correlates
with the distance to the heater (Figure 4).

The elemental contents of the rocks leached with dilute (1 M) HCl before and after
heating were expected to provide information relative to their location along the drilled
cores. The specific interest for the analysis of such leachates is the fact that the removed
elements do not only result from mineral alteration induced by the heating impact, but
more probably from amounts of soluble minerals. While quite stable away from heater,
the leached Si decreases markedly by a factor of 4 when approaching the heater, the same
occurring for Al and K (Table 2). These changes obviously relate to a mineralogical change
in the rock collected next to the heater and were apparently induced by it. The removed
elements remain quite constant away from heater, except Ca that increased continuously
towards the heater before the experiment. After heating, the leached Si, Al and Mg
decrease slightly towards the heater as do Na and K, while Ca remains about constant
(Figure 7). This progressive decreasing contents of the former of these elements when
approaching the heater are, together with an increase before heating, in favor of a discrete
mineral reorganization induced by the experiment. As the amounts of leached elements are
systematically lower after heating, which implies a crystallization of new soluble minerals
that incorporated only part of the elements freed by the heating episode. In the detail,
most of these elements are probably constitutive of chlorides, carbonates and/or sulfates
dissolved by local pore fluids diffusing in the rock matrix when the temperature increased.
Some were most probably trapped again by newly crystallizing soluble minerals at the end
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of the experiment when the temperature declined again, while the remainder of the fluids
could have been driven out of the controlled rock volume.

Figure 7. Variations of the elemental contents from OPA rock leachates of the OPA whole rocks before
and after the heating experiment.

Before heating, the contents in REEs of the rocks collected along borehole D5 varied
between 113.6 and 131.6 μg/g. They increase significantly after heating from 190.1 to
251.9 μg/g in the samples of bore hole D26 (Table 3). Therefore, the impact is easily visible
by the REEs contents. On the other hand, the distribution of these REEs relative to the
NASC reference is not changing significantly (Figure 6A,B). Indeed, after an incurved
distribution for the LREEs La to Nd, the patterns decrease until Tb, have a short increase
for Dy, decrease again until Tm and finally increase until Lu. This distribution remains
similar for the heated rocks with a slight change for sample D26-8 that yields the same
distribution but higher contents, and for sample D26-10 with higher Sm and Eu contents.
In turn, heating impacted the contents of the rock REEs, but not really their distribution
patterns. A preliminary assumption for the difference in the contents with very similar
patterns could be the dissolution of homogeneous soluble minerals due to heating and fluid
revival, with lower REE contents but similar distribution patterns than for the remaining
insoluble counterparts.

The REE contents of the rock leachates are low and narrowly scattered along the
borehole containing the heater (Table 5). Before heating, the amounts decrease from
17.9 μg/g close to the wall of the MI niche to 13.0 μg/g away from the wall. After heating,
the amounts are slightly lower, between 14.7 μg/g away from heater to 12.7 μg/g next
to it. However, the distribution patterns outline a decrease away from the gallery wall,
even if the contents of the leached REE remain similar after heating. If resulting from an
earlier excavation of the gallery, it would also explain the increase of P due to plausible
atmospheric contamination. In turn, leaching with dilute acid removes constant amounts of
REEs that remain about the same after heating, which suggests that the main REE carriers
were apparently not altered. It also confirms that the REEs do not solubilize preferentially
in diffusing fluids.
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The apparent K-Ar ages of the heated rocks measured after heating and storage are
quite systematically higher than those of the samples taken before heating at about the same
distance from the niche (Table 4). They range from 326.1 ± 11.1 Ma for the sample taken
next to the niche to 347.9 ± 11.2 Ma for that collected 5.55 m away from the same niche.
On the other hand, the K2O contents between 2.65 and 2.88% are analytically similar to
those of the rocks collected before heating. They are even identical to most of the unheated
rocks except the higher 3.06% value of the unheated sample taken the farthest from the
niche wall. As most data from heated rocks remain within the range of values obtained
for the corresponding unheated samples, the small detected analytical scatter along the
drilling profile appears to relate again mostly to slight mineralogical variations rather than
to the impact of the experiment, as no clear systematic trend is observed as a function of
the distance to the heater. In the detail, however, the comparison of the apparent K-Ar ages
of the heated rocks with the initial references shows systematic slightly higher values after
heating. This systematic increase of the K-Ar data ages is apparently related to an increase
of the radiogenic 40Ar, which was not really expected in the present conditions, as the K2O
contents are almost identical in the rocks before and after heating.

At this point, the changes in most elemental contents of the rocks and of their leachates
after heating relate apparently more to discrete variations in the mineralogical compositions
of the selected samples, rather than resulting from heating. The elements affected by heating,
such as Ca, Na, Sr, the LOI and the REEs, could be constitutive of soluble minerals. On the
other hand, the slight increase in radiogenic 40Ar of the rocks is somehow unexpected, due
to the “special” status of Ar that is not bound but squeezed within its host sheet minerals.
It is considered to be most sensitive and, therefore, quite easily removable by any crystal
modification (e.g., [31]).

3.3. The Results on the Boom Clay

The XRD data of the Boom rocks outline an irregular decrease of quartz until the
second control after 1799 days of heating and a straight increase towards the end of the
experiment. The feldspars remain at a constant amount during the whole experiment.
The calcite and pyrite contents decrease slightly, as those of quartz until 1799 days, while
increasing again towards the end of the experiment, the contents of dolomite and anatase
remaining parochial during the whole experiment (Table 6). The contents of the 2:1 clay
minerals tend to increase until the third control after 1799 days of heating and to decrease
afterwards until those of the initial sample. The various clay components including illite,
smectite, mixed-layers illite-smectite and smectite-chlorite, kaolinite and chlorite range also
narrowly with a slight increase at the third control (Table 6). The mineral repartition of the
initial reference rock and those subjected to 80 ◦C during 830, 1799 and 2529 days remains
quite stable except for a decrease in quartz after 1799 days compensated by an increase of
the 2:1 clay minerals. This mineral composition is typical for the undisturbed Boom Clay as
reported earlier by Zeelmaekers et al. [19] and Frederickx et al. [20]. Mineral heterogeneity
being excluded in this experiment, the observed variations resulted then, most probably,
from heating. It may also be recalled that the controls had to remain limited because such
batch experiment does not allow many stops and intermediate sample collections as each
needs to open a container.

The decrease in the quartz content is confirmed by the variation of the SiO2 values
from 60.3% in the reference rock to about 54% after 2529 days of heating. Another significant
change is the increase of Al2O3 from 16.1% to 19.8%, as well as that of MgO from 1.93% to
2.27%. On the other hand, K2O increased moderately from 3.15% to 3.47%, while the other
major elements remain more or less unchanged if considering the analytical uncertainty
given above (Table 7, Figure 8). Also to be mentioned is a correlative increase of the same
elements in the <2 μm fractions, except for P that decreases. Gentle leaching of the unheated
rock and of that heated during 830 days focuses on a systematic increase of the leachate
loads and, therefore, an overall elemental decrease in the rocks except for the increasing P
content (Table 8). Also to be mentioned is a correlative increase of the same elements in the
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<2 μm fractions, except again for P that decreases. Apparently, heating induced a transfer
of major elements, probably volatile and/or soluble, from rock size into smaller crystals of
the <2 μm fractions, unless smaller soluble minerals crystallized at the <2 μm size.

Table 6. The XRD mineral composition of the Boom Clay sample before and during the batch test.

Minerals
Initial After 830 After 1799 After 2529

Contents (%) Days (%) Days (%) Days (%)

Quartz 23 16 12 23
Albite 7 6 6 6

K-feldspar 8 5 7 8
Calcite 4 2 1 3

Dolomite 0.6 0.7 0.0 0.1
Pyrite 4 2 2 3

Anatase 1 0.6 0.8 1
2:1 clay minerals 41 54 58 42

Smectite 12 14 15 12
Illite/Smectite 18 27 27 21

Illite 11 11 14 10
Kaolinite 4 5 2 2

KaoliniteSmectite 5 8 9 8
Chlorite 3 3 4 3

Table 7. Major elemental contents of the whole rock and <2 μm fraction of the Boom Clay during the
batch test.

Sample SiO2 Al2O3 MgO CaO Fe2O3 Mn3O4 TiO2 Na2O K2O P2O5 LOI Total

Description (%) (%) (%) (%) (%) (%) (%) (%) (%) (%) (%) (%)

initial bulk 60.3 16.1 1.93 0.72 5.37 0.02 0.85 0.58 3.15 0.08 10.27 99.36

initial < 2 μm 52.2 24.4 2.55 0.21 5.64 0.02 0.84 0.93 3.51 0.10 9.56 99.96

Heat1 bulk (830 d) 58.9 17.6 2.00 0.65 5.53 0.02 1.04 0.49 3.38 0.11 10.33 100.09

Heat1 < 2 μm 50.5 24.5 2.45 0.94 5.50 0.02 0.76 0.17 3.40 0.07 10.79 99.15

Heat3 bulk (1799 d) 55.0 19.2 2.19 0.67 5.60 0.02 0.93 0.46 3.36 0.09 11.27

Heat2 bulk (2529 d) 54.2 19.8 2.27 0.67 5.60 0.04 0.84 0.58 3.47 0.13 11.71 99.34

d stands for days.

Table 8. The major elemental contents of the dilute-acid leachates of the whole rock and <2 μm
fraction powders of the Boom Clay during the batch test.

Sample Si Al Mg Ca Fe Mn Ti Na K P

Description (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g)

initial bulk 2.2 1.44 9.64 36.4 2.69 0.07 0.04 27.1 13.1 2.30
initial < 2 μm 0.8 0.26 0.21 1.30 0.42 bdl 0.01 50.7 2.56 0.63

Heat1 bulk (830 d) 1.6 1.28 7.41 27.2 1.93 0.08 0.01 19.1 10.8 3.53
Heat1 < 2 μm 4.0 1.52 1.11 31.4 1.26 0.01 0.06 1.24 6.50 0.36

d stands for days.
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Figure 8. Variations of the major elements from Boom Clay whole rocks before and during the heating
batch experiment.

The REE distribution patterns of the Boom Clay rocks yield, again before and after
heating, similar patterns relative to the NASC reference, with noticeable Nd and Tb positive
anomalies. However, if the patterns are very similar, the amounts of LREEs of the sample
collected at the first control are significantly higher from La to Dy than those of the untreated
rock (Table 9, Figure 9A). The patterns of the corresponding <2 μm size fraction remain also
similar relative to the NASC reference, before and after heating, but with higher contents
after heating (Figure 9B). Furthermore, the Nd and Tb anomalies disappear after heating,
while that of Dy remains visible, as it was for the OPA material. A comparison of the
REE distribution in the heated rock relative to the untreated reference shows a continuous
decrease from La to Lu (Figure 9C), while the <2 μm fractions yield an incurved decreasing
pattern from La to Dy and increasing from Dy to Lu (Figure 9D), still relative to the NASC
reference. In summary, the REE distribution patterns of both the rock and the <2 μm
fraction show systematic decreases of the heavier REEs after heating.

The K-Ar apparent ages of the unheated reference rock and of its <2 μm fraction are
within analytical uncertainty with those of the same rock and <2 μm fraction after 830
and 2529 days of heating (Table 10). The K-Ar values of the rocks range from a starting
258.3 ± 7.3 Ma to 256.0 ± 13.3 Ma for that heated during 830 days and to 254.4 ± 8.0 Ma
after 2529 days of heating. In the case of the size fractions, the K-Ar age data range from
223.5 ± 5.1 Ma for the untreated separate to 226.2 ± 7.1 Ma after 830 days of heating and to
240.3 ± 7.4 Ma for the last step. This last value is significantly higher than the two previous
ones, but not outside the analytical uncertainty. Again, the values are far higher than the
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Rupelian (34–28 Ma) stratigraphic age, confirming the occurrence of detrital minerals, even
at the fine <2 μm size. Moreover, the constant K-Ar values for the rocks and for the size
fractions before and after heating mean that the main K carriers muscovite and illite were
not altered by the experiment.

Figure 9. (A) REE distribution patterns of the Boom Clay rocks whole rock and (B) of the <2 μm
fractions, before and after the heating batch experiment. (C) The REE contents of the heated whole
rock were also compared to that of the initial contents, as well as those of the heated <2 μm relative
to the initial fraction (D). WR stands for the whole rock heating experiment.

Table 9. The rare-earth elemental contents of the whole rock and <2 μm fraction of the Boom Clay
during the batch test.

Sample La Ce Pr Nd Sm Eu Gd Tb Dy Ho Er Tm Yb Lu Total

Description (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g) (μg/g)

initial bulk 34.5 70.1 8.46 31.4 6.03 1.23 4.98 0.77 4.29 0.91 2.40 0.39 2.47 0.36 168.3

initial < 2 μm 45.7 93.2 10.4 37.2 6.70 1.38 5.01 0.73 4.00 0.84 2.19 0.35 2.21 0.33 210.2

Heat1 bulk (830 d) 41.6 87.7 10.3 38.2 7.23 1.51 5.88 0.89 4.89 1.04 2.68 0.42 2.68 0.39 205.4

Heat1 < 2 μm 36.7 69.3 7.86 27.5 4.66 0.92 3.30 0.48 2.59 0.56 1.52 0.25 1.64 0.24 157.5

d stands for days.

Table 10. The K-Ar data of the whole rock and <2 μm fraction of the Boom Clay during the batch test.

Sample
Description

K
(%)

rad 40Ar
(10−9 mol/g)

40Ar
(%)

Age (±2σ)
Ma

initial bulk 2.62 1.26 37.82 258.3 (7.3)
initial < 2 μm 2.91 1.20 82.80 223.5 (5.1)

Heat1 bulk (830 d) 2.81 1.34 15.65 256.0 13.3)
Heat1 < 2 μm 2.82 1.18 26.32 226.2 (7.1)

Heat2 bulk (2529 d) 2.74 1.30 27.56 254.4 (8.0)
Heat2 < 2 μm 2.84 1.27 30.22 240.3 (7.4)
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4. Discussion

The available analyses allow discussing the chemical and isotopic, and therefore the
mineralogical changes of two sedimentary formations subjected to continuous low-thermal
imprints along two independent experiments. As the generated temperature increase
concerns more specifically the first meter around the heater in the case of the in situ
experiment, samples located in this rock volume were more detailed in the comparisons.
At this point, the three OPA samples (BHE-D5-3, D5-4, D5-5) located far from the wall and
the EDZ/EdZ zones of the MI niche and close to the heater are quite homogeneous in their
mineral and chemical compositions.

4.1. The Changes in the Opalinus Clay

The OPA samples located away from heating devices and from EDZ/EdZ zones yield
chemical and isotopic data that are slightly away from those of the samples taken closer
to the heaters. These variations concern more specifically the signatures of soluble phases
as their contents decrease when approaching the MI niche [2]. Apparently related to
oxidizing processes due to earlier excavations of the gallery and the niche, they could be
due to the longer exposition of the rocks to the atmosphere, rather than to the strict heating
experiment, which agrees with the above shown SEM pictures. Very limited, they appear
as representative for the 4 to 5 m wall rocks of the niche and, therefore, confirm a more
pervasive impact due an earlier dehydration.

The mineralogical, chemical and isotopic data of the heated OPA samples do not
outline significant changes beyond analytical uncertainty. The homogeneous K-Ar data
of the samples collected far from and next to the thermal probe confirm this observation.
The temperature applied to the sediments, which is considered to be representative of the
potential heat produced by stored nuclear waste, did not trigger significant chemical and Ar
isotopic changes. As the formation already underwent a natural burial-induced diagenetic
episode during its earlier evolution with a temperature reaching at least 85 ◦C [32], one
may expect that most or at least part of the changes occurred during this earlier natural
diagenesis, especially with an impact during millions of years and not during months like
for the experiment. The artificial heating did obviously not generate new altering reactions,
which focuses on the maturity of the clay formation in its long-term behavior relative to
any moderate thermal imprint like applied here. For a geological disposal of exothermic
radioactive waste, this aspect is of importance, as the characteristics of the host formation
need to be maintained during a longer period by the waste itself in a mature clay-type host
sedimentary sequence, such as the OPA formation.

However, a discrete chemical evolution cannot be denied when comparing the initial
and the post-heating releases into the OPA leachates, that is to say those released by
the soluble minerals. Basically, the observed changes relate to elements either adsorbed
on mineral surfaces or released from soluble minerals sensitive to slight temperature
modifications. Such changes are asserted here by: (1) a destabilization of pyrite with a
visible alteration of the crystals and the formation of blurry veils around them, probably
favored by a bacterial contribution during drilling or since, and (2) a slight increase of
the rock K-Ar age values. This latter change was somehow unexpected because it usually
occurs only when either the K2O content decreases and/or when that of the radiogenic
40Ar increases. Here it outlines fresh information as the K2O data of the rock samples
did not change due to the heating experiment, the only explanation being then a higher
content of radiogenic 40Ar in some kind of mineral structures relative to the atmospheric
40Ar (Table 5). The differential behavior of an inert gas, such as Ar, can only occur if the
radiogenic 40Ar issued from decay of the 40K is retained differently than the atmospheric
40Ar in the K-rich sheet-silicate minerals, such as the micas and their micrometric illite-type
minerals. An immediate interpretation would then be in an increase in the radiogenic 40Ar
content during a degasing action, as was the case for the OPA rocks. Such behavior is
analytically realistic as a preferential “degassing” of the atmospheric 40Ar without any other
noticeable impact on the occurring minerals, including the labile K-carrier clay minerals.
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4.2. The Changes in the Boom Clay

The heated Boom Clays do, also, not outline significant mineralogical, chemical and
K-Ar isotopic changes after 2529 days of heating at 80 ◦C. All identified mineral phases are
still present in the heated samples, although with slight changes in their amounts, as sug-
gested by the quantitative XRD and wet-chemistry analyses. In contrast, the comparison of
the leachates from non-heated rock and <2 μm fraction with those from heated equivalents
focuses on following changes: the contents of all major elements decrease slightly in the
rocks, except that of increasing P, while the contents of the same elements from <2 μm
fractions increase except, again, that of decreasing P.

The K-Ar data of the untreated rock and <2 μm fraction are strictly within those of the
same rock and <2 μm separate after 830 and 2529 days of heating (Table 9). The number of
analyzed samples and fractions being limited for reasons explained above, the discussion
about the meaning of the K-Ar data is somehow tied. However, by comparing the data of
the initial <2 μm fraction and that after 2529 days of heating, the latter yields a significantly
higher K-Ar age data than the untreated reference and than that after 830 days. In fact the
increase from 223.5 ± 5.1 to 240.3 ± 7.4 Ma is not due to a changing K content and has,
then, to result from an “increase” of the radioactive 40Ar, as was already observed for the
OPA material.

The slight changes in the major elemental contents of both the rocks and the <2 μm
fractions suggest some transfers of soluble elements from bulk to the <2 μm fractions. A
determining aspect is provided, again, by the K-Ar data with an increase of the K content
from rocks to their <2 μm fractions, which is related to the increasing amount of K-carriers
in the size fractions relative to the whole rocks that contain also coarser crystals of detrital
origin, such as quartz and the feldspar grains for instance. This increase is systematically
accompanied by a slight decrease in the radiogenic 40Ar content, both resulting in a decrease
of the K-Ar age date. In turn, the probable elemental transfers from rocks to the <2 μm
fractions seems not to affect the K-Ar data, except the unexpected increase of radiogenic
40Ar. In turn, the K-Ar data suggest also that none of the K carriers of the rocks and the
<2 μm fractions were altered by the temperature applied during the 7 years.

4.3. To Which Extent Did the Artificial Temperature Impact the Studied Material?

The data of the Boom Clay experiment build an interesting analytical basis to formulate
a transfer of volatile and soluble elements from coarse to fine sized minerals, unless the
coarser sized minerals lost more volatile and soluble material than the minerals of smaller
size. The K-Ar data of the bulk and <2 μm fractions consolidate also the fact that all K
carriers, whatever their size, remained inert during the heat experiment.

The in situ heating of the OPA sediments is close to real deep-storage conditions
with the heater working at about 100 ◦C during 8 months and a final sampling along
transversal drillings. The weak aspect is the fact that the controls after heating needed
supplementary drillings that, even located very closely to the initial samples, gave samples
with mineral compositions plausibly yielding mineral heterogeneity, even very limited, of
the sedimentary sequence. It cannot, therefore, be excluded that this mineral heterogeneity
could have introduced some minor and uncontrolled biases in the necessary comparisons.
In fact, only Ca, Na, Sr, the LOI and the REEs seem to have been affected by the long-term
heating with a few variations beyond analytical uncertainty. Most of these elements are
major constitutive components of soluble minerals such as the carbonates or the chlorides,
a relation supported in turn by the LOI trend.

The data collected during the Boom Clay experiment build an interesting analytical
basis to formulate a transfer of volatile and soluble elements from coarse to fine sized
minerals, unless the coarser minerals lost more volatile and soluble material than those of
the <2 μm separates. The K-Ar data of the bulk and <2 μm fractions consolidate also the
fact that all K carriers, whatever their size, remained inert during the heat experiment.

In fact, the most unexpected results are provided by the K-Ar data with a heating-
induced increase of the radiogenic 40Ar that basically results from disaggregation of the
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radioactive 40K. Visible in both studied sequences, this increase is necessarily meaningful,
as each studied sequence yields different lithologies, as well as different stratigraphic
and isotopic ages. The fact that the results are similar in both sequences heated during
two independent experiments constitutes a solid basis for the observation. Heating moder-
ately sediments in their natural environment, as well as in batches, is expected to impact at
least, the adsorbed gaseous content of some of the constitutive minerals. In fact, the K-Ar
data suggest that the atmospheric 40Ar is basically more affected by a temperature increase
than the radiogenic 40Ar, the former being expected to decrease and the latter to increase
relatively. It is then plausible that the two Ar isotopes that are of different origins are
stored at different places of the host sheet-silicates such as the micas and the micrometric
argillaceous illite and illite-smectite mixed-layers. To the best of our knowledge, this is the
first time such a differential behavior among Ar isotopes is observed and reported. The
earlier excavations of the galleries and niches could have added fluctuations on top of those
known for the Ar isotopes that are only secured in crystals by van der Waals bonding. On
the other hand, these K-Ar results point towards a specific aspect of the method due to
the easy escape of any of the Ar isotopes. Here, the radiogenic 40Ar is surprisingly less
easily removed than its atmospheric equivalent by a low heating during several months to
years as its content tends to increase. Such increase only can result from a more efficient
retention in the mineral structure than the other trapped gases including the atmospheric
Ar. An alternative behavior could be due to atmospheric 40Ar only adsorbed on the crys-
tals, while radiogenic 40Ar would be more secured in the crystals because resulting from
40K disintegration.

In summary, the low heat applied to the two sedimentary sequences along two in-
dependent experiments has apparently only a very limited impact that induced: (1) a
dissolution of soluble minerals, such as carbonates, sulfates and chlorides, due to the
mobilization of a limited amount of fluids in the rocks, and (2) some degassing of elements
rather adsorbed on than trapped in mineral structures.

5. Conclusions

Two independent heating experiments, one in situ and one in batch containers, were
applied to cores samples from Aalenian-Toarcian Opalinus Clay in the Swiss Jura (Switzer-
land) and from Rupelian Boom Clay ground-material heated during 7 years at Mol (Bel-
gium). These experiments were designed and completed to test the impact of 80–100 ◦C
temperature rises on sediments currently studied as potential deep host repositories for
nuclear waste, as such temperature increase is theoretically expected by stored nuclear
waste on the host rocks at the disposal sites.

The Opalinus Clay rocks were heated by devices inserted into drillings during 8 months
and set at about 100 ◦C. Some natural mineralogical heterogeneity of the rocks was an
identified drawback of the design that could not be ignored. It had to be taken into account
with, consequently, limited uncontrolled dispersions in some of the elemental and isotopic
data. Despite this sampling aspect, the contents of most major, trace and REEs remained
within analytical uncertainty, except Ca, Na, Sr and the REEs which contents, as well as the
loss on ignition were affected beyond the analytical uncertainties. The results of the solid
rocks match well with a systematic low removal of the same elements from heated samples
after leaching with dilute hydrochloric acid. Globally, the observed releases suggest a
predominant alteration of carbonates, chlorides and/or sulfates. The drawback of the batch
experiment on the Boom Clay is in the necessarily limited control stops because each needs
the opening of a container. Despite this aspect, the batch experiment complements well the
data of the in situ experiment on the Opalinus Clay by only limited elemental transfers of
only soluble minerals, the coarser minerals releasing possibly more elements than the finer.
It also cannot to be excluded that some tiny minerals crystallized again in the fine fractions.
In fact, no element yields changes that are clearly beyond analytical uncertainty, with the
conclusion that the heat did not alter the major constitutive minerals.
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The K-Ar data of the two heated rock formations provided unexpected increases of ra-
diogenic 40Ar relative to atmospheric 40Ar. They suggest, in two independent experiments
on two different sedimentary formations, that the latter of these isotopes is more easily
removed by heating than the former. The two Ar isotopes apparently are hold differently
in the K-bearing mineral space, especially of micas and argillaceous illite and illite-smectite
mixed-layers, with results in favor of a preferential release of atmospheric 40Ar relative to
radiogenic 40Ar by heating. A spontaneous interpretation is in a different holding/setting
than for the other gases, the atmospheric 40Ar being only adsorbed to crystals while the
corresponding radiogenic 40Ar is better secured in the crystals. Therefore, this differen-
tial behavior might become an interesting test for the evaluation of the potential sealing
characteristics of potential host sediments.

Importantly, the different analytical protocols tested here on two sedimentary for-
mations point to identical conclusions, namely that an extended 80–100 ◦C temperature
increase does not alter the sealing characteristics of the studied formations. In other words,
the impact by spontaneous heating does not alter the safety-related properties of the studied
potential host sediments.
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Abstract: Pyrochemistry is a promising technology that can provide benefits for the safe reprocessing
of relatively fresh spent nuclear fuel with a short storage time (3–5 years). The radioactive waste
emanating from this process is an electrolyte (LiCl–KCl) mixture with fission products included.
Such wastes are rarely immobilized through common matrices such as cement and glass. In this
study, samples of ceramic materials, based on natural bentonite clay, were studied as matrices for
radioactive waste in the form of LiCl–KCl eutectic. The phase composition of the samples, and
their mechanical, hydrolytic, and radiation resistance were characterized. The possibility of using
bentonite clay as a material for immobilizing high-level waste arising from pyrochemical processing
of spent nuclear fuel is further discussed in this paper.

Keywords: pyrochemical process; radioactive waste; immobilization; bentonite; ceramic matrices;
spent nuclear fuel

1. Introduction

Countries that use nuclear energy, including Russia, have accumulated large volumes
of radioactive waste (RW) of various activity levels and aggregate states. Their main source
of radioactive waste comes from the processing of spent nuclear fuel (SNF) from energetic,
transport (marine), and research reactors. Converting solid RW, including slags, into a
chemically and mechanically stable form suitable for final disposal, in order to isolate RW
from the biosphere, is an urgent scientific, technical, and social task, and a viable solution
would significantly increase the level of radiation safety for the population.

Among all types of radioactive waste, high-level waste (HLW) is the most dangerous
and is dominated by 90Sr, 137 Cs and 60Co radionuclides, whose total activity can amount
to 95% of the total activity of stored radioactive waste. The generally accepted approach
to solving the problem of HLW management is its conversion to a solid state (for liquid
waste), its inclusion into strong phases (preserving matrices) and its further disposal in
underground storage facilities. At present, vitrified materials are used to immobilize HLW
on an industrial scale; borosilicate glasses are still the main form used for the immobilization
of high-level radioactive wastes [1].

In view of the task to close the fuel cycle, the Breakthrough (Proryv) project in Russia
was launched for the reprocessing of mixed uranium–plutonium nitride (MNUP) SNF
using pyrochemical or combined technology (pyrochemistry + hydrometallurgy), where
the use of molten salt LiCl–KCl is assumed [2]. In contrast to technological processes
in aqueous–organic systems, processes in chloride melts have advantages such as high
radiation resistance of the liquid phase, internal safety of the processes, the possibility

Sustainability 2021, 13, 10780. https://doi.org/10.3390/su131910780 https://www.mdpi.com/journal/sustainability
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of regenerating spent nuclear fuel with a short exposure time, and a smaller amount
of generated radioactive waste. However, the industrial application of pyrochemical
processing technology cannot be carried out until the best methods for the disposal of
the resulting radioactive wastes are determined. In this case, the LiCl–KCl eutectic with
included fission products (FP) will act as the waste (Figure 1).

Figure 1. The technological optional scheme for pyrochemical processing of nitride SNF.

Chloride salts are difficult to immobilize in both glass matrices and cements, and in
most types of ceramics. Studies of new glass compositions and glass-based composite
materials show that the reliable fixation of significant amounts of alkali metals’ chlorides
requires preliminary treatment and their transformation to the form of oxides or phosphates,
i.e., an additional technological operation is required [3–6].

In addition, the research results indicate an instability of glasses in groundwater,
especially after their spontaneous devitrification (crystallization) during storage as an
effect of ionizing radiation and chemical processes inside the glasses. The destruction
of glass matrices due to crystallization will lead to a decrease in their chemical stability
and, as a consequence, to the release of radionuclides, including long-lived ones, into the
environment. Therefore, the development of alternative crystalline (mineral-like) matrices
for the immobilization of high-level waste is an urgently required scientific task [7–9].

The main requirements to matrix materials are: a high isomorphic capacity for waste
components (the ability to include a significant amount of waste in the bulk composition),
high chemical and radiation stability (it is necessary to minimize the release of radionuclides
during possible contact with groundwater), mechanical strength (it must not disintegrate
during transportation, storage operations, etc.), as well as an easy industrial production
process. The selection of suitable phases, with the listed properties, is conducted on the
basis of the results of geochemical, mineralogical, and crystal–chemical studies of natural
minerals and synthetic compounds.

Existing work on the properties of crystalline ceramics for immobilizing radioactive
waste is related to mineral-like phases such as pyrochlore, perovskite, zirconolite, zirconium
dioxide, garnet, hollandite, pollucite, murataite, monazite, and NZP [10–17]. The authors
of [18] developed a method for immobilizing chloride salts using zeolite with sodalite
as the final form of the transformed chlorides. This method involves a technologically
complex and long-term process of zeolite occlusion to uniformly distribute alkali chlorides
over zeolite cells. Chloride incorporation in such a material is negligible, which proves
to be a problem for all chloride-containing matrices. Similar methods of incorporating
salt waste (chlorides and iodides of alkali metals) into sodalite and zeolite matrices are
described in [19–23].
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In this work, we investigated the use of natural clay minerals as a possible matrix
material for waste produced from pyrochemical processing of SNF in the form of LiCl–
KCl eutectic that included fission products. The mineral-like materials will decrease the
diffusion of radionuclides from the matrix into the biosphere because the matrix material, in
its chemical and phase composition, will be similar to the host rocks of the waste repository.

2. Materials and Methods

The aim of this work was to develop a method for the anhydrous conversion of mono-
and bivalent s-elements’ chlorides into a stable, mineral-like structure. To achieve this, we
used bentonite clays, that (a) are finely dispersed materials consisting of at least 70% of
the layered mineral montmorillonite, (b) have a large specific surface area, (c) just as all
clays, become very strong upon annealing, and (d) are able to retain their alkali metals due
to their layered structure. This option may be the most promising in order to ensure the
reliable long-term isolation of radionuclides from the environment.

In this study, we prepared samples of bentonite clay with a chloride mixture (ClM)
content of at least 20 wt.%, of various compositions, as well as samples of bentonite clays
with various silicon-containing additives and the inclusion of the at least 20 wt.% of the
LiCl–KCl eutectic. The compositions of the main studied samples included the simulated
spent electrolyte and are presented in Table 1. In addition to monovalent and bivalent
elements, we also used analogs of trivalent and tetravalent f-elements, since such elements
can contaminate the spent electrolyte.

Table 1. Composition of the samples studied in the work with different composition of the simulated spent chloride mixture
and silicon-containing additives.

Sample Code Composition of the Ceramic Base
Content, wt.%

LiCl KCl CsCl SrCl2 CeCl3 ZrOCl2

B20-0 Bentonite + 20 wt.% LiCl–KCl eutectic 44 56 - - - -
B20-1 Bentonite + 20 wt.% ClM1 40 50 10 - - -
B20-2 Bentonite + 20 wt.% ClM2 40 50 5 5 - -
B20-3 Bentonite + 20 wt.% ClM3 40 50 3 3 4 -
B20-4 Bentonite + 20 wt.% ClM4 40 50 3 3 - 4

B + mcrSi3 Bentonite + 3 wt.% microcryst.silica + 20 wt.% ClM 44 56 - - - -
B + mcrSi5 Bentonite + 5 wt.% microcryst.silica + 20 wt.% ClM 44 56 - - - -

B + mcrSi10 Bentonite + 10 wt.% microcryst.silica + 20 wt.% ClM 44 56 - - - -
B + NaSi3 Bentonite + 3 wt.% Na2SiO3 + 20 wt.% ClM 44 56 - - - -
B + NaSi5 Bentonite + 5 wt.% Na2SiO3 + 20 wt.% ClM 44 56 - - - -

B + NaSi10 Bentonite + 10 wt.% Na2SiO3 + 20 wt.% ClM 44 56 - - - -
B + A3 Bentonite + 3 wt.% AEROSIL + 20wt.% ClM 44 56 - - - -
B + A5 Bentonite + 5 wt.% AEROSIL + 20wt.% ClM 44 56 - - - -

B + A10 Bentonite + 10 wt.% AEROSIL + 20 wt.% ClM 44 56 - - - -

The mixture of chlorides was ground, dehydrated in an oven at 250 ◦C for 2 h, and
then stored in a desiccator over P2O5. Then, all the samples were prepared by mixing and
grinding ClM with the main components of the matrices, after which the mixture was
dried at 100–150 ◦C and pressed into tablets with a diameter of 10 mm and a height of
2–4 mm or 8–10 mm (for some tests) using a hand press. The last two stages of temperature
preparation, the parameters of which were determined using some additional analyses,
were carried out in a muffle furnace: the samples were dried at 400 ◦C for 4 h, ground
again and pressed into tablets to obtain a more homogeneous product, and at the end they
were annealed for 12 h at 900 ◦C (below the sintering temperature of pure bentonite).

Thermal characteristics of the prepared mixtures were investigated with a NETZSCH
STA 449 C/4/G Jupiter device (Germany) with synchronous gas phase analysis using
a NETZSCH 403C Aeolos quadrupole mass spectrometer (Germany). The analysis was
carried out in the temperature range 40–1000 ◦C at a rate of 10 K/min.
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The mechanical strength of each ceramic sample was determined by first measur-
ing the maximum load that each sample could withstand without breaking, and then
calculating the stresses at these given loads. A Cybertronic Cyber-Plus Evolution testing
machine was used for such purposes. Three parallel samples were used for measurements;
the average value calculated using the three measurements was taken as the result of the
strength tests.

The phase composition of each of the samples and its change during the heating
process was measured using an Empyrean, Panalytical X-ray powder diffractometer with a
furnace and the ability to reach heats of up to 1200 ◦C (CuK¦α radiation, two wavelengths
were taken into account in the calculations: 1.5406 and 1.5444 Å with an intensity ratio in
the doublet of 2:1). The phase composition of the samples was studied by heating them
from room temperature to 1000 ◦C.

The chemical stability of the samples was studied according to the standard procedure,
under static conditions, and at 25 ◦C in accordance with standard protocol GOST P 52126-
2003. The pre-synthesized tablets were placed in plastic cups with a lid in 10 mL of distilled
water. At specific time intervals, the solution was poured out, water samples were taken
for chemical analysis, and a new portion of water was poured into the glass. An analysis of
the leachates was performed using an ICP-AES and ionic chromatography.

The leaching rate was calculated using the following equations:

NL =
a

f × S
; (1)

R =
NL

t
, (2)

where R is the leaching rate, g/(cm2·day);
NL is normalized weight loss, g/cm2;
t is the time interval, in days;
a is the mass of the element that has passed into the solution, g;
f is the mass fraction of the element in the sample;
S is the sample surface in cm2.

To determine their radiation resistance, the ceramic samples were irradiated on an
electron accelerator for a month, with a maximum dose of 109 Gy, after which the surface mor-
phology, phase composition, and mechanical characteristics of the samples were investigated.

3. Results and Discussion

3.1. Thermal Analysis

To determine the optimal time–temperature parameters for synthesis, we performed a
thermogravimetric analysis and differential scanning calorimetry. The results of these are
presented in Figure 2a. Water was released during the first stage, (200–250 ◦C), possibly due
to the preservation of the primary layered structure of montmorillonite. During the second
stage, the mineral began to lose water, represented in the hydroxyl groups of the layers,
and at temperatures of 500–600 ◦C the mineral turned into an anhydrous modification; the
transition of hydroxyl groups to oxol groups also occurred with the release of water.

Thus, the thermochemical binding of the components of pyrochemical waste repro-
cessing ended, and the metal cations present in the spent electrolyte were incorporated
into the crystal structure. According to the analysis of off-gas mass spectrometry, at higher
temperatures, weight loss was due to the release of HCl (Figure 2b). Further, CO2 emissions
were observed at temperatures of 400–600 ◦C due to the presence of microcline, albite,
calcite, and coal fragments in the initial bentonite along with clay minerals (the measured
total C content is about 0.6–0.7%) [24]. Thus, a temperature range above 700 ◦C was chosen
for the synthesis of matrices.
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(a) (b) 

Figure 2. (a) TGA and DSC curves for a sample B20–0; (b) TGA curves together with the composition of the released gases
according to mass spectrometry data.

3.2. X-ray Diffraction Analysis

To study phase composition, the synthesized tablets were ground again and sent for
XRD analysis; the data were processed using the HighScore Plus program. According to the
results, the studied ceramics were polyphase samples with the following main observed
phases: leucite KAlSi2O6, albite K0.2Na0.8AlSi3O8, sanidine (Na,K)AlSi3O8, spodumene
LiAlSi2O6, strontium anorthite SrAl2Si2O8, and strontium helenite Sr2Al2SiO7. Small
quantities of cesium kalsilit CsAlSiO4 and cesium pollucite CsAlSi2O6 were also observed
in some samples.

Figures 3–6 show the XRD patterns for ceramics synthesized without introducing
silicon-containing additives, showing the main phases identified in the samples, as well as
further possible phases.

Figure 3. Diffraction pattern of a ceramic sample B20-1; phases: blue—KAlSi3O8, red—LiAlSi2O6, green—
K1.25Al1.25Si0.75O4, yellow—LiAlSi3O8, orange—Al2SiO5.
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Figure 4. Diffraction pattern of a ceramic sample B20-2; phases: blue –KAlSi3O8, green—LiAlSi3O8, red—SrAl2Si2O8,
Sr46Al92Si100O384, orange—CsAlSi2O6; Al2SiO5.

Figure 5. Diffraction pattern of a ceramic sample B20-3; phases: blue—LiAlSi3O8, green—KAlSi3O8, red—KAlSiO4,
orange—SrAl2Si2O8; K9.71Al1.68Si34.32O72.

Figure 6. Diffraction pattern of a ceramic sample B20-4; phases: blue—LiAlSi3O8, green—KAlSi3O8, red—SrAl2Si2O8.
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To better understand the structure transformations that occurred through heating,
but not through cooling, an X-ray phase analysis with in situ heating was carried out
by heating samples from a temperature of 30 to 1000 ◦C and then cooling them to 35 ◦C.
Figure 7 shows an example of the combined diffraction patterns for a sample containing
30 wt.% of eutectic. This additional sample was synthesized according to the standard
procedure described above and was then investigated in order to reduce the probability
of missing phases, because secondary phases with content of less than 5 wt.% could not
practically be identified. It should be noted that phase changes already occur at 600 ◦C,
but the most significant structural rearrangements occur at 750 ◦C. The main crystalline
phases occurring at high temperatures are leucite, albite, sanidine, and spodumene, which
are framework aluminosilicates capable of retaining cations. The initial phases are not
observed in the final products, which means that all cations are incorporated into the
new structure.

Figure 7. Diffraction patterns of a sample based on bentonite clay with the inclusion of 30 wt.% of
simulated spent eutectic LiCl–KCl obtained at different temperatures.

To confirm that cesium and strontium, alongside the main components of the chloride
mixture, were incorporated into the structure of aluminosilicates, additional experiments
were carried out with an increased amount of chlorides of these metals both in the presence
and in the absence of the LiCl–KCl eutectic, with its total amount being 20 wt.%. The XRD
results (Figures 8 and 9) show that cesium kalsilit and pollucite, strontium anorthite, and
gehlenite (black points, respectively) are formed even in the presence of the eutectic, and
thus it can be argued that these metals may be embedded in structures, in small percentages,
in the composition of simulated spent electrolyte.

Thus, based on the results of the X-ray phase analysis it can be concluded that, under
the chosen synthesis conditions, the incorporation of alkali and alkali earth metals into the
structure of aluminosilicates occurs.

A modification of the matrix material made by adding silicon-containing additives
did not significantly affect the final major phases in the sample, which can be seen from the
XRD results presented in Table 2.
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Figure 8. Diffraction patterns of auxiliary samples based on bentonite with an increased content
of cesium chloride: black—CsAlSiO4, CsAlSi2O6; blue—other phases (KAlSi3O8, LiAl (SiO3)2, Al2
(SiO4) O). (a) 1/4 part of ClM is CsCl, 3/4 parts of ClM—eutectic LiCl–KCl; (b) 1/2 part of ClM is
CsCl, 1/2 part of ClM—eutectic LiCl–KCl.

Figure 9. Diffraction patterns of auxiliary samples based on bentonite with an increased content of
strontium chloride: black—SrAl2Si2O8, Sr2Al2SiO7; blue—other phases (KAlSi3O8, LiAl (SiO3)2, Al2
(SiO4)O). (a) 1/4 part of ClM is SrCl2, 3/4 parts of ClM—eutectic LiCl–KCl; (b) 1/2 part of ClM is
SrCl2, 1/2 part of ClM—eutectic LiCl–KCl.

Table 2. Phase composition of the samples with various silicon-containing additives and including
20 wt.% of the simulated spent eutectic LiCl–KCl.

№ Sample Code Phase Composition

1 B + mcrSi3 LiAlSi3O8, KAlSi3O8
2 B + mcrSi5 LiAlSi3O8, KAlSi3O8
3 B + mcrSi10 Li2O·Al2O3·7.5SiO2, KAlSi3O8, Al2.806O22.08Si8.878
4 B + NaSi3 LiAlSi3O8, LiAlSi2O6, K0.831Na0.169AlSi3O8, KAlSi3O8
5 B + NaSi5 LiAlSi2O6, K0.831Na0.169AlSi3O8, K11.7Al1.8Si34.2O72
6 B + NaSi10 LiAlSi2O6, K0.831Na0.169AlSi3O8, KAlSi3O8, (Li2O·Al2O3·7.5SiO2)
7 B + A3 KAlSi3O8, LiAlSi3O8
8 B + A5 KAlSi3O8, LiAlSi3O8
9 B + A10 KAlSi3O8, LiAlSi3O8
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3.3. Mechanical Compressive Strength

At first the samples with a thickness of 2–4 mm were tested, but were marked as not
accurately showing the mechanical properties of the synthesized materials, since such
a small measurement did not allow for determining the moment of fracture, due to the
rapid transition from fracturing to pressing. Due to this, samples with a greater thickness
(8–10 mm) and with masses of ~1 g were prepared. The applied load was up to 5 kN at a
speed of 1 mm/min. It was noted that all the tablets disintegrated gradually along the edges
while maintaining the main “bulk”. Table 3 shows the results of mechanical tests for some
of the most interesting and important samples with regard to the obtained parameters.

Table 3. Test results for mechanical strength.

№ Sample Code Mechanical Strength, MPa

1 B20-3 60.17
2 B20-4 61.08
3 B + mcrSi3 61.93
4 B + mcrSi10 57.29
5 B + NaSi10 17.77
6 B + A10 55.36

Similar and significantly higher values of mechanical strength are observed for all
the samples that had the inclusion of a chloride mixture of various compositions. It
should be noted that the addition of even 10 wt.% of microcrystalline silica or AEROSIL
did not significantly change this parameter, whereas the addition of the same amount of
sodium silicate resulted in the strength decreasing by almost 3 times the amount, but it still
exceeded the strength threshold for glass-like materials specified in NP-019-15 (10 MPa).

3.4. Hydrolytic Stability

The results of the hydrolytic stability tests are presented in Table 4.

Table 4. Results of tests to determine hydrolytic stability.

№ Sample Code
Component Leaching Rate on the Last (28th) Day of the Study, g/cm2·Day

K Li Sr Cs Al Si Cl−

1 B20-1 2.0 × 10−6 9.4 × 10−6 - 7.5 × 10−8 3.3 × 10−8 5.4 × 10−6 2.2 × 10−7

2 B20-2 2.4 × 10−6 2.7 × 10−5 1.6 × 10−7 6.6 × 10−8 7.6 × 10−8 2.8 × 10−6 5.3 × 10−7

3 B20-3 2.5 × 10−6 3.7 × 10−5 4.1 × 10−6 6.3 × 10−7 7.1 × 10−8 3.6 × 10−6 1.2 × 10−7

4 B20-4 2.2 × 10−6 2.3 × 10−5 8.0 × 10−7 8.1 × 10−8 7.4 × 10−8 3.0 × 10−6 3.0 × 10−7

5 B + mcrSi3 3.2 × 10−6 4.7 × 10−5 - - 7.6 × 10−8 3.1 × 10−6 2.9 × 10−7

6 B + mcrSi5 2.7 × 10−6 2.6 × 10−5 - - 9.6 × 10−9 2.0 × 10−6 2.7 × 10−7

7 B + mcrSi10 2.7 × 10−6 2.0 × 10−5 - - 7.8 × 10−9 1.6 × 10−6 2.8 × 10−7

8 B + NaSi3 2.3 × 10−6 4.4 × 10−5 - - 2.4 × 10−7 3.6 × 10−6 1.9 × 10−7

9 B + NaSi5 3.0 × 10−6 7.7 × 10−5 - - 5.9 × 10−7 8.5 × 10−6 1.8 × 10−6

10 B + NaSi10 5.6 × 10−6 7.7 × 10−5 - - 1.1 × 10−7 7.4 × 10−6 1.8 × 10−5

11 B + A3 3.2 × 10−6 4.8 × 10−5 - - 7.5 × 10−8 8.3 × 10−6 2.4 × 10−7

12 B + A5 2.8 × 10−6 3.6 × 10−5 - - 3.2 × 10−8 5.2 × 10−6 2.6 × 10−7

13 B + A10 5.4 × 10−6 1.6 × 10−4 - - 3.9 × 10−7 2.0 × 10−5 2.3 × 10−7

The leaching rate of elements from ceramic samples meets the regulatory requirements for homogeneous forms of HLW (10−6 g/cm2·day).
It may also be noted that the leaching rate on the 28th day of the main elements of the sample is quite low for all the samples studied,
which confirms their chemical stability.

3.5. Effect of Irradiation on the Characteristics of the Samples

Figure 10 presents the data on the mechanical strength of ceramic samples before and
after irradiation. The data presented in Figure 10 show that the synthesized samples do
not significantly lose their mechanical characteristics for the entire range of doses up to
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109 Gy. All the samples have a sufficient mechanical strength according to the normative
document for homogeneous HLW (>10 MPa).

Figure 10. Dependence of the mechanical strength of samples on the dose of ionizing radiation.

Figures 11 and 12 show a comparison of the X-ray diffraction patterns of the samples
B20-1 and B + mcrSi10 before and after irradiation with electrons up to a dose of 109 Gy.
The phase composition remains practically unchanged after high doses of irradiation to
ceramic samples. A slight broadening of peaks and a decrease in the intensity of individual
peaks are noticeable. The relative content of minor mineral phases changes insignificantly
from sample to sample, but this is most likely due to the heterogeneity of the samples.

Figure 11. Comparison of the X-ray diffraction patterns of the sample B20-1 before irradiation (1) and
after irradiation to the absorbed dose of 109 Gy (2).

The scanning electron microscope images indicate that there is practically no difference
in surface morphology between the samples before and after irradiation (Figure 13). The
samples are characterized by the alternation of large aggregates 5 . . . 50 μm in size. The
irradiated samples did not show the appearance of any new formations different from those
observed in the original samples, or the development of defects in the form of microcracks
and channels.
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Figure 12. Comparison of the X-ray diffraction patterns of the sample B + mcrSi10 before irradiation
(1) and after irradiation to the absorbed dose of 109 Gy (2).

 
(a) before irradiation 

 
(b) before irradiation 

 
(c) after irradiation 

 
(d) after irradiation 

Figure 13. SEM images of the samples with composition B20-1 before and after irradiation by
electrons to the absorbed dose of 109 Gy.

Figure 13 shows the SEM images of the sample with composition B20-1. Figure 13a,b
show that the sample generally has low porosity, and that its composition is uniform, since
there are no areas that differ greatly in shade. The shade in these SEM images reflects the
average atomic number of an element—the lighter areas correspond to elements with a
higher atomic number (for example, cesium). After irradiation (Figure 13c,d), individual
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lighter areas corresponding to the level of cesium minerals become more visible. The
uneven distribution may be associated with both irradiation and with the initial uneven
distribution of individual small crystallites of cesium minerals.

The morphological composition of the samples is diverse and is represented by both
individual crystallites and glassy materials with crystallites scattered over the surface.
Glass is similar in composition to feldspar (similar to rhyolite, but the K content is greater
than Na).

Thus, we can conclude that electron irradiation doses of up to 109 Gy do not sig-
nificantly affect the phase composition and structural characteristics of the studied ce-
ramic samples.

4. Conclusions

We obtained samples of ceramic materials made of bentonite clay, with the addition of
the 20 wt.% LiCl–KCl eutectic as a simulator of the spent electrolyte from pyrochemical re-
processing of SNF. The samples’ phase composition, mechanical, hydrolytic, and radiation
stabilities were studied. The results from this study indicate that the investigated matrix
compositions and the method of their synthesis provide the samples with parameters that
meet the regulatory requirements for solidified HLW, such as:

• Specific mechanical characteristics (compressive strength ≥10 MPa);
• Radiation resistance (without changes in mechanical strength and structure at an

absorbed dose of up to 109 Gy);
• Leaching rate (for all components ≤10−6 g/(cm2·day)).

Thus, it was confirmed that bentonite clays can be used as a starting material for the
immobilization of HLW produced from SNF pyrochemical processing. Such HLW may
consist of chlorides of alkali and alkali earth metals. In addition, the matrix may be modified
by the addition of silicon-containing additives (microcrystalline silica or AEROSIL). The
level of additives present may be between 10 and 20 wt.%. Such additives can help to lower
the temperature of matrix synthesis.
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Abstract: Clay minerals may transform in various systems under the influence of geological,
biological, or technogenic processes. The most active to the geological environment are technogenic
and biochemical processes that, in a relatively short time, can cause transformation of the rocks’
composition and structure and formation of new minerals, especially clay minerals. Isolation of
radioactive waste is a complex technological problem. This work considers the influence of alkaline
solutions involved in the radioactive waste (RW) disposal process. In the Russian Federation, due to
historical reasons, radioactive waste has accumulated in various types of repositories and temporary
storages. All these facilities are included in the federal decommissioning program. Solid radioactive
wastes in cement slurries at the landfill site of the Angara Electrolysis Chemical Combine are buried
in sandstones and currently suffer the influence of a highly alkaline and highly saline groundwater
storage area, which leads to a considerable transformation of the sandstones. This influence results
in the formation of peculiar "technogenic” illites that have smectite morphology but illite structure
which was confirmed by modeling of X-ray diffraction (XRD) patterns. The described transformations
will lead to the increase of porosity and permeability of the sandstones. The research results can be
used in assessing the potential contamination of the areas adjacent to the disposal site and in planning
the decommissioning measures of this facility.

Keywords: low-radioactive waste; waste facilities; highly concentrated solutions; clay
minerals transformations

1. Introduction

The problem of radioactive waste (RW) disposal at nuclear facilities is very relevant. The main
goal in this process is maintaining radiation and toxic safety during the whole lifetime of the
repository [1]. At present, in Russia, there are various nuclear and radiation hazardous facilities of
nuclear legacy requiring decommissioning activities. They are included in the federal program for
decommissioning [2,3].

During the initial stages of the development of the nuclear industry, waste solutions with low
pH were neutralized by calcium hydroxide. Then, the highly concentrated solutions with residual
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radionuclides were drained in subsurface ponds—sludge repositories [3]. These solutions interacted
with underlying soils, changing their structural, chemical, and mineralogical composition [4].

The fate of repositories is a key problem after decommissioning. If the existing barriers are
efficient enough to isolate radioactive wastes, underlying and host soils have low permeability together
with high sorption characteristics, RW recovery and retrieval can carry serious environmental risks
compared to the in situ preservation. If there is a risk of penetration of the contaminants in aquifers,
either storage modernization or RW retrieval is needed [5]. An environmental impact assessment and
study of the forms of migration and the state of barriers preventing the spread of contaminants outside
the repositories should be conducted to understand the sustainability of existing facilities [6].

The best material for subsurface storage preservation is argillaceous sediments, which both
prevent the groundwater flow and precipitate the dissolved radionuclides. Clay minerals form in
different systems under geological, biological, or technological processes. Industrial and biochemical
processes are believed to be the most sensitive towards the host geological environment. For a short
period, they lead to the transformation of composition and structure of rocks and cause mineral,
primarily clay, neoformations to appear [7,8].

Many studies of changes in the geological environment in the vicinity of low- and medium-level
radioactive waste disposal sites are mainly aimed at the migration of radionuclides [9] and the spread
of contamination prior to decommissioning operations [10,11]. Works that touch upon the issues
of alteration of the mineral composition of rocks in which RW was isolated or which are located in
the vicinity to the disposal sites are quite rare [12]. Thus, in works with the authors of this research,
the transformations of the composition of clay minerals in sands were studied.

This research aims to determine possible changes in the composition and structure of clay minerals
and to predict changes in the filtration properties of soils containing radioactive waste.

2. Geological Position and Characteristics of Uranium Recovery Facilities of AECC

The Angarsk Electrolysis Chemical Combine (AECC) is one of the oldest uranium recovery
facilities. It is located in the Angarsk, Irkutsk region, Russia. The first output from this plant
was issued in 1960. Until 2014, AECC had two interrelated production lines: (1) sublimation unit
(production of fluorine and anhydrous hydrogen fluoride, uranium conversion, and transformation
into uranium hexafluoride—UHF) and (2) separation unit (separation of uranium isotopes in multistage
gas centrifuge cascades to increase the concentration of 235U isotope in UHF). The sublimate line was
stopped in 2014. At present, AECC receives natural raw uranium material in the form of uranium
oxide U3O8 and tetrafluoride UF4 with 235U content about 0.7%. After enrichment, its concentration
increases to 3.5%.

The low-level radioactive waste storage from the AECC is located several kilometers away from
the Angarsk city border (Figure 1). It is designed for accumulation and precipitation of limewater
suspension produced during the neutralization of liquid nitric acid waste from a chemical plant
with Ca(OH)2. The facility consists of six near-surface open reservoirs with sizes of 100 × 70 m and
85 × 90 m and 17,000 m3 (reservoirs I-IV) and 18,000 m3 (reservoirs V-VI) in volumes. Reservoirs I and
II are filled up to the designed level and covered with a clay liner for the prevention of rainfall and
melting snow infiltration. Reservoir III is at the stage of conservation and reservoirs IV-VI are still
under operation [13].

At the time these repositories were designed, the technological scheme of the AECC was intended
to cause precipitation of neutralized suspension and subsequent discharge of the clarified part into
the Angara River. Infiltration through the reservoir bottom and walls was not considered. In the late
1980s, the production technology had been changed and the incoming amount of liquid waste sharply
decreased. Nowadays, the suspension is separated into a solid precipitate and highly saline supernatant
solution. Despite the waterproof measures of the storage, fluids migrate into the subsoils. As a result,
a significant change in the groundwater composition is observed around the storage facilities.
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The first aquifer is represented by the waters of Quaternary sediments, and the most saturated
within the terraces above the floodplain. Depending on the topography, the aquifer lies at depths of
0.5 to 7.0 m. The water of the Quaternary aquifer is bicarbonate Ca >Mg >Na. Total mineralization
ranges from 0.15 to 0.3 g/L. In the sampled area, the top of the technogenic altered groundwater flow
occurs at a depth of 2.5 to 6.3 m. The groundwater from the solid radioactive waste (SRW) SRW
construction site moves in the north–northeast direction towards the Angara river, which is about
5.5 km in the northeast direction. Technogenic waters have a carbonate–nitrate composition (Na > Ca
>Mg). Directly under the waste ponds, salinity in some wells reaches 9 g/L (C70), but already at a
distance of 300–500 m (C78, 79), it drops to 0.3–0.5 g/L [14].

Figure 1. Overview scheme of the storage locations.

According to the research from the Irkutsk geological and ecological survey [15], at the moment
of two production lines operation, the salinity of waste was not stable and varied from 13 to 31 g/L.
The infiltrate was a multicomponent alkaline solution with pH 9.5–11.0. Its major components were
chlorides, sulfates, carbonates, bicarbonates, nitrates, and ammonium ion at concentrations from
hundreds of mg/L to a few g/L. The most common cations in solution were Na+ (2–3 g/L), Ca2+ (about
0.6 g/L), and K+ (about 0.14 g/L). The distinctive feature of the composition of the waste solution was
the absence of magnesium. The foundation soil massif is subdivided into two sections. The first is the
zone of aeration that lies within the alluvial sands and sandy loams. The second one is the zone of
saturation, which coincides with the weathered crust of the Jurassic sandstones.

The average concentration of uranium in the solid part of the sludge is 240 ppm; the total estimated
amount of uranium in the repository is about 22 tons. The Baikal region is generally characterized
by a higher content of uranium in different soils than other regions of Siberia (Russia). The average
content of uranium is 1.66 ppm in the bedrock and 2.4–3.6 ppm in the soil [16]. Obviously, the high
background content of uranium in rocks and soils is associated with the Irkutsk coal basin. There are
heavy metals and radionuclides in accessory minerals, mainly, and in the clay fraction. We found that
the content of these elements in the clay fraction is 2–3.5 times higher than in bulk samples. An even
higher content was detected in a sample from a carbonaceous sublayer where the concentration of
uranium was 30 times higher and reached 31.5 ppm [17].
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Infiltration of a pollutant from storages results in the anomalous content of uranium and other
elements in the soil and groundwater; it also leads to changes in the structure and mineralogical
composition of the foundation soils. The maximum concentration of uranium in the soil under the two
repositories is 5.6 and 11 ppm. It is quite important that a rather low concentration of uranium has
been detected in the anomalies directly under the storage bottom. The concentration of uranium in the
waters directly under the waste ponds is currently in some cases 5–9 times higher than the background,
but at a distance of the first hundreds of meters, it decreases to the background level of 0.2–1 μg/L [17].
However, the long-term influence of waste brines on the adjacent rocks resulted in the modification
of their mineralogical composition. Waters saturated with erosion products of cement slurries with
wastes are called technogenic in this work.

To estimate the risk of uranium pollution outside the repository, we conducted research on the
interaction between the adjacent soils and the infiltrating solutions and the effect of this interaction on
the sorption and filtration properties of soils. In the zone of direct contact between the highly saline
alkaline solutions and the foundation soil, considerable transformations were revealed.

3. Materials and Methods

Figure 1 shows wells (cyan) that were used for monitoring and planning further studies and
exploratory wells (C1–C5, Figure 2), which were performed by auger drilling with sampling every
0.5 m, or when the parameters of the rocks changed. The depth of the wells varied from 8 to 12 m and
was determined by the depth of the top of the sandstone layer. After extraction, the core samples were
dried to an air-dry state. The objects of investigation are several samples collected from the contact
zone between highly saline infiltrates under the waste storage and soils.

Figure 2. Cross-section through the reservoir (storage).

The mineral composition of the soils and its alteration were studied by the combination of
different methods.

Mineral analysis was carried out by X-ray diffraction (XRD) for bulk samples and clay
fractions (<1 μm). XRD patterns were obtained with an Ultima-IV X-ray diffractometer (Rigaku).
The measurement conditions were Cu-Kα radiation, D/Tex-Ultra 1D-detector, and scan range of
3–65◦ 2θ. Identification of clay minerals was carried out on the XRD patterns from oriented mounts
in the air-dried samples and ethylene glycol solvated. Non-oriented samples of fine fractions were
used for determination of di-tri-octahedral species [18]. Quantitative analysis was carried out by
the Rietveld method [19] with PROFEX GUI for BGMN [20] on the XRD patterns obtained from the
random powder specimens of bulk samples after determination of the composition and structure of

144



Sustainability 2020, 12, 8259

clay minerals in the clay fraction. The accuracy of this approach to quantitative analysis is considered
about 2–3% for each individual mineral phase.

For a more detailed identification of clay minerals, a fraction < 1 μm was separated by the standard
sedimentation procedure according to Stokes’ law. In order to avoid modification of clay minerals,
no chemical treatment was carried out; to avoid coagulation, if necessary, the samples were repeatedly
washed with distilled water and dispersed by ultrasonic treatment.

Chemical analysis of soils was carried out by X-ray fluorescence analysis using synchrotron
radiation with a Si (Li) detector with the VEPP-3 elemental analysis station at the Institute of Nuclear
Physics, Siberian Branch, Russian Academy of Sciences.

The content of natural radionuclides was determined by scintillation gamma spectrometry (SGS)
at the center for collective use of the Institute of Geology and Mineralogy, Siberian Branch, Russian
Academy of Sciences (IGM SB RAS). Contents of Ra (by decay products of 222 Rn), 232 Th, 40 K
were determined by the intensity of gamma radiation using a low background well-type scintillation
detector NaI(Tl). The weight of the sample was 200–300 g, and the detection limit of the method is
0.4 Bq/kg.

Micromorphology study was carried out with the scanning electron microscope (SEM) LEO
1450 VP (Carl Zeiss, Germany). Samples were air-dried and then fixed on the conductive tape.
To eliminate the charging effect, they were coated with gold. The samples were studied in the secondary
electrons’ mode, with an accelerating voltage of 30 kV.

Infrared spectroscopy analysis was carried out using FTIR spectrometer Spectrum One
(PerkinElmer) equipped by LiTaO3 detector and KBr beam-splitter. The adsorption spectra recordings
were performed in the 4000–400 cm−1 wavelength range with 100 scans for each sample and the
resolution of 4 cm−1. Samples were prepared as pressed KBr-pellets: 1 mg of sample was dispersed in
400 mg of KBr; this mixture was placed in a 2 cm pellet die and pressed for 20 min. The KBr pellets
were then placed into a glass desiccant box with CaCl2 and heated overnight in a furnace at 150 ◦C.
Spectra manipulations were performed using the OPUS 7.1 software (Bruker Optic GmbH, Ettlingen,
Germany). Baseline correction was made by Straight-Line method with 1 iteration in interactive mode.

4. Results and Discussion

The adjacent soil layer is subdivided into two main layers: (1) quaternary alluvial sands with thin
layers and lenses of sandy loams and loams and (2) weathered Jurassic sandstones with inclusions of
carbonaceous matter.

The minimum concentration of the most microcomponents was noted in sands and sandstones.
A lower content is typical for sandy soils consisting mainly of quartz and plagioclase (albite). Heavy
metals and radionuclides are mainly associated with accessory minerals, and also with the clay fraction
in the adsorbed state. The amount of this fraction changes from 13% to 28%. More than 30% is
represented by clay minerals: kaolinite, smectite, and illite, which is confirmed by XRD analysis and is
shown below. The content of most elements is 2–3.5 times higher in the clay fraction. The background
elemental composition for the main types of soil in the studied area is presented in Table 1.

The water in the zone of saturation differs by lower salinity due to the dilution of highly saline
infiltrates by natural groundwater [14]. In addition, this zone is also distinguished by the soil
composition. The process of technogenic mineral alteration was superimposed on the naturally altered
soils of the weathered crust. Transformation of rocks by highly saline waste infiltrates is accompanied
by the removal of large amounts of cations, which is revealed by the changing of the qualitative chemical
composition of groundwater: natural waters of the region have a cation concentration proportion Ca >
Mg > Na, while waters below the storages are characterized by the proportion Na > Ca >Mg.

The content of calcium and magnesium increases due to the ion exchange and the dissolution
of solid phases. Fine-crystalline phases may be accumulating in the pore space of soils; however,
their presence has not been confirmed by XRD analysis data. The chemical composition shows no
accumulation of uranium in the aeration zone. This is explained by the chemical composition of highly
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saline solutions with a high content of nitrate ion, which determines the redox conditions [14,17,21]
because in its presence uranium exists in the highly mobile form U(VI).

Table 1. Chemical composition of different types of soils.

Jurassic Sands
C-3/11.8 m

Alluvial Quaternary
Sands C-3/7.5 m

Low-altered Sands
C-4/6.0 m

Intermediate-Altered
Sands C-5/6.0 m

Highly Altered
Sands C-5/7.5 m

K, % 2.5 2.02 1.75 2.25 2.22
Ca, % 3.63 0.79 0.9 1.37 0.85
Ti, % 0.55 0.423 0.313 0.473 0.432

Mn, % 0.09 0.051 0.111 0.401 0.122
Fe, % 6.47 4.42 4.25 4.14 7.07

V, ppm 158 95 98 118 122
Cr, ppm 167 110 85 75 98
Ni, ppm 105 62 123 66 84
Cu, ppm 60 52.8 17.7 22 23.4
Zn, ppm 73 78 48.5 64 73
Rb, ppm 55 59 60 84 74
Sr, ppm 270 214 222 282 214
Y, ppm 19.9 13 13.4 21.5 14.8
Zr, ppm 170 88 156 120 102
Nb, ppm 7.01 5.59 5.03 9.02 9.48
Mo, ppm 0.36 0.7 1.19 1.07 1.41
Pb, ppm 13.8 14.2 17.4 15.7 15.8
Th, ppm 2.5 3.3 3.6 5.2 3.8
U, ppm >1 >1 6.4 1.4 >1

The mineral composition of the studied soils is quite typical for the studied area and is represented
by quartz, K-feldspar, plagioclase, carbonates, and amphiboles—also as clay minerals: smectite,
chlorite, illite, and kaolinite (Figure 3). XRD patterns show a decrease of smectite content and an
increase in quartz content in alluvial sands compared to Jurassic sands (Table 2, estimation was made
after detailed investigation of mineral composition of bulk and clay fraction that will be shown below).

Figure 3. X-ray diffraction (XRD) patterns of the bulk samples. D-values are given in A.
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Table 2. Mineral composition of the main types of soil.

Mineral
Composition

Jurassic Sands
C-3/11.8 m

Alluvial Quaternary
Sands C-3/7.5 m

Low-Altered Sands
C-4/6.0 m

Intermediate-Altered
Sands C-5/6.0 m

Highly Altered
Sands C-5/7.5 m

smectite 31.1 10.7 10.7 0.0 0.0
illite and TI* 4.8 5.8 13.5 28.7 33.9

kaolinite 4.6 5.1 1.1 5.7 3.0
chlorite 4.8 3.0 5.6 4.1 3.9

carbonates 0.6 4.8 4.5 0.8 0.9
quartz 15.4 32.2 29.5 26.3 15.3

microcline 14.3 10.7 8.8 8.6 11.4
albite 23.0 25.2 23.5 23.1 30.3

amphibole 1.4 2.5 2.7 2.8 1.3

TI*: "technogenic illite”, explanation in the text below.

There is a clear change in the diffraction patterns of the transformed soils, in the range of
3–15◦2θ. These changes are observed quite clearly in the samples of the lower horizons of well C5
(5.5–7.5 m), which was drilled directly through the maps and sedimentary rocks, which are affected by
technogenic waters.

For more confident identification of technogenic changes in soils, the clay fraction of soils was
analyzed. XRD patterns from oriented mounts and fragments of patterns from non-oriented mounts
in the region of (060) peaks are shown in Figure 4. The presence of di- and tri-smectite varieties was
noted in all the studied samples. At the same time, the peculiarities in XRD patterns from oriented
specimens suggest that the swelling component is represented not only by di- and tri-smectites but also
by mixed-layer minerals of the chlorite–smectite series with a predominance of smectite interlayers,
which requires further, more detailed studies.

Figure 4. Fragments of the XRD patterns of oriented specimens (a,b) and non-oriented specimens
(c). a—air-dried state, b—ethylene glycol solvated, c—(060) area. D-values are given in angstroms.
TI peaks are marked by red color.

XRD patterns in the (060) part indicate that the visible changes in the composition of di- and
tri-octahedral clay minerals in the transformed sands in comparison with the background soils may be
caused by changes in the composition of the original soils and cannot be attributed to technogenic
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changes. At the same time, changes in the XRD patterns from clay fractions (Figure 4) in the small-angle
region are obvious and can be observed not only in the deeper horizons (5.5–7.5 m) of the well 5,
as noted above, but also in the horizon 4.5 m of the well C5 and in the lower horizon (11.8) of the well
C3. Samples C1/7.5, C3/5.0, and C3/10.2 can be classified as sands that have not undergone visible
alterations due to the impact of industrial waters.

Changes in samples C3/11.8 and C5/4.5 are expressed by the appearance of peaks at 12.2 and
10.2 Å. In samples C/5.5 and C/7.5, the peak at 12.2 Å disappears, while the 10.2 Å remains and becomes
more intensive; also, a peak 8.4 Å appears and both of them do not shift in XRD patterns from ethylene
glycol solvated specimens.

The infra-red (IR) spectroscopy data of the fine fractions of non-altered C-3/11.8 and altered
C-5/7.5 soil samples show the polymineral composition: predominantly dioctahedral smectite, chlorite
(or mixed-layer minerals with chlorite layers), and kaolinite. Identification of minerals was performed
in accordance with recommendations of [22,23]. Wavenumber values and profiles of the absorption
bands in the IR spectra (Figure 5) for both samples are similar; the noticeable difference is caused only
by a higher content of kaolinite in the altered soil specimen. The IR-spectroscopy data show that there
are no “illitic” phases in the altered sample, otherwise, there would be a small band at ≈ 420 cm−1 on
the spectra [24].

Figure 5. Fragments of the IR-spectra of non-altered and altered soil samples.

Electron microscopy reveals that the host rock was transformed significantly. Leached feldspars
and neoformed (altered) clay minerals with an “openwork” structure can be observed (Figure 6c,d).
The relict “openwork” structure of the technogenic illite (TI) indicates a rather fast transformation of
smectite into illite without change of micromorphology and interaction between particles.

Among other clay minerals, the formation of chlorite on the surface of plagioclase grains was
observed. At a depth of about 5 m under the storage bottom where the pH is close to neutral, neoformed
opals were found (Figure 6e,f). We assume that the observed processes take place in the soils with a
lack of silica caused by weathering, thus, the authigenic opal was formed as a result of a decrease of
pH and precipitation of SiO2 from the supersaturated solution.

Microstructures observed with a scanning electronic microscope are quite typical for weathered
sandstones. Quite large isometric particles and aggregates of dense clay particles (probably kaolinite,
illite, and smectite) and thin openwork smectite domains are clearly visible (Figure 6 a,b).

Thus, in samples of soil that were subjected to the filtration of technogenic waters, a specific clay
phase is noted. It is most likely di-octahedral, which, according to IR spectroscopy and scanning
electron microscopy data, is close to smectite but, according to XRD data, loses the ability to swelling
and behaves more like illite, while not being illite exactly. Since this phase was found in technogenically
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altered soils, it was named “technogenic illite”—TI, as previously suggested [25]. The loss of the
swelling ability can significantly affect the insulating properties of soils, therefore, the phase was
assigned to "illite" and not to "smectite", like the "technogenic smectites" previously described by
the authors in the sands-collectors of liquid radioactive waste at the facility of Siberian Chemical
Combine [12].

Figure 6. The microstructure of soils from different depths. Background soils: (a) loam from the depth
of 7.5 m (Core C-3, aQIV); (b) weathered sandstone from the depth of 11.8 m (Core C-3 eJ). Underlying
soils: (c) and (d) weathered sandstone from the depth of 7.5 m (Core C-5, aQIV); (e) and (f) neoformed
opal from the depth of 7.5 m (Core C-5, aQIV).

Since the structural parameters of the new phase are unknown at the moment, a modified illite
phase with modified parameters of the unit cell was incorporated into the model for calculating the
quantitative content. The mineral composition is represented in the Table. 2, from which it is possible
to trace the gradual increase of the TI content in weakly transformed soils and its predominance in
technologically modified soils.

Based on the research results, it is possible to recommend conducting detailed studies of the
composition of soils and, in particular, the composition of clay minerals when monitoring nuclear and
radiation hazardous facilities and when implementing measures for their decommissioning.

5. Conclusions

Significant changes of the soils in the area of a long-term impact of the solutions from the
low-radioactive liquid waste storages were revealed in the mineral composition of soils under the
influence of waste infiltrates compared to the background samples. The transformation of minerals
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especially clay minerals and the appearance of new mineral phases causes a change of the soil properties:
permeability and sorption capacity, mainly.

Thus, directly under the bottom of storage throughout about two meters to groundwater level,
there are no favorable conditions for the formation of a geochemical barrier that could prevent the
migration of uranium. Although, below the groundwater level, the hydrochemical environment
changes, which significantly reduces the effect of nitrate ion on the mobility of uranium, it also could
decrease the sorption capacity of the soil at the observed area to a depth of about 3 m.

In the zone of influence of technogenic waters, "technogenic illite" was found. Many of its properties
are similar to dioctahedral smectite, however, it does not swell, which primarily distinguishes smectites
from illites. The loss of the swelling capacity of “technogenic illites” in the clay fraction of soils can
lead to a decrease in the waterproofing properties of rocks and potentially increase the risk of pollution
by technogenic waters.
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Abstract: Although the generation of large components from nuclear power plants is expected to
gradually increase in the future, comprehensive studies on the radiological risks of the predisposal
management of large components have been rarely reported in open literature. With a view to
generalizing the assessment framework for the radiological risks of the processing and transport
of a representative large component—a steam generator—12 scenarios were modeled in this study
based on past experiences and practices. In addition, the general pathway dose factors normalized
to the unit activity concentration of radionuclides for processing and transportation were derived.
Using the general pathway dose factors, as derived using the approach established in this study,
a specific assessment was conducted for steam generators from a pressurized water reactor (PWR) or
a pressurized heavy water reactor (PHWR) in Korea. In order to demonstrate the applicability of the
developed approach, radiation doses reported from actual experiences and studies are compared
to the calculated values in this study. The applicability of special arrangement transportation of
steam generators assumed in this study is evaluated in accordance with international guidance.
The generalized approach to assessing the radiation doses can be used to support optimizing the
predisposal management of large components in terms of radiological risk.

Keywords: large components; steam generator; dose calculation; predisposal management;
processing; transport; special arrangement

1. Introduction

Various types of large components which are mainly made of metal, including reactor
pressure vessels (RPVs), pressurizers (PZRs), and steam generators (SGs), are generated from the
decommissioning of nuclear power plants (NPPs); these can even be produced during the operation
period of pressurized water reactors (PWRs) and pressurized heavy water reactors (PHWRs), as
well from replacement projects of degraded large metal components such as SGs and others [1]. In
2009, the International Atomic Energy Agency (IAEA) reported that SGs in 175 units of NPPs have
been replaced in total worldwide [2]. Furthermore, the numbers of NPPs approaching their designed
lifetimes or which have permanently ceased operation have increased continually, which supports the
forecasting of a future gradual increase in replaced and/or dismantled large components [3].

Special considerations are needed when managing large components from NPPs because of
their bulky size, heavy weight, and high cost of handling, in addition to other factors. In this
respect, the Nuclear Energy Agency (NEA) under the Organization for Economic Co-operation and
Development (OECD) published a specific issue report on the management of large components to
be generated from the decommissioning of NPPs in 2012 [4]. In the issue report, the OECD/NEA
suggests that multiple considerations of technical, regulatory, and economic aspects should be taken

Sustainability 2020, 12, 5149; doi:10.3390/su12125149 www.mdpi.com/journal/sustainability

153



Sustainability 2020, 12, 5149

at “all stages” including the predisposal management (i.e., transport, treatment, and storage) of
dismantled large components onsite or offsite of NPPs, and further pointed out the significance
of radiological assessment in deciding the management options of large components. In addition,
the IAEA stated that the hazards induced by the cutting and handling of large components should
be assessed and managed so that the potential consequences of such hazards can be prevented or
mitigated [5]. Furthermore, the IAEA’s requirements of interdependences among all steps in the
predisposal management of radioactive waste are also applicable to the management of radioactive
large components from NPPs [6].

In practice, replaced or dismantled large components have been managed in various ways
according to the relevant country or site. In many cases, replaced large components such as SGs
and reactor heads have been temporarily stored onsite without segmentation [7,8]. Dismantled RPVs
and SGs have been transported in one piece without segmentation from NPPs to the low-level
radioactive waste repository, by barge, through an inland waterway in the United States [9,10].
Segmentation operations of the head, pressure vessel, and internal parts of the reactor have been
reported [11]. It has also been reported that replaced large components have been transported to a
domestic storage facility via road and inland waterways and to a smelter in Sweden through the
overseas waterway [12,13].

However, no comprehensive studies have been reported on the radiological risk assessments for all
possible predisposal management options of large components in an integrated manner. For instance,
a preliminary study has estimated the radiation doses for the decommissioning workers involved in
the cutting and smelting of an SG, with neither assessment of the handling of the SG in one piece nor its
transportation to offsite [14]. Other studies on radiological risk assessment for the transportation—but
not the processing—of two actual SGs from German NPPs to offsite facilities have been conducted,
such as (a) the overseas transport of four SGs from Stade NPP to Studsvik processing plant in Sweden
and (b) the transport of SGs in one piece from Obrigheim NPP to the Lubmin offsite interim storage
facility through road and inland waterways [13]. In addition, one study taking a wider scope has
reported on the expected direct exposure from the in situ cutting and handling of an SG at Bohunice
NPP Unit 1 and the offsite transportation of segmented and conditioned waste packages to Mochovce
waste repository in Slovakia [15]. Although this study is more comprehensive than previous works,
the following aspects can be noted as limitations: (a) the handling of the SG in one piece was not
considered, (b) there was a simple assumption of the unit activity (1 Bq) of 60Co only as a radioactive
source term, (c) inhalation and ingestion pathways were not considered, and (d) alternative waterway
transportation was not assessed.

Accordingly, this study proposes an integrated radiation dose calculation framework for various
predisposal management scenarios of SGs to support the decision making of the effective management
of large components. In order to attain this goal, radiological dose calculation models have been
structured, and their applicability has been demonstrated through case studies.

2. Methodology

2.1. Target Large Component and Its Characteristics

Among the various large and heavy components installed at NPPs, SGs are known to be larger
and heavier than other components. Hundreds of experiences of replacement and dismantling of
SGs and their subsequent processing, storage, and disposal at operating or decommissioned NPPs
have been reported [2]. Accordingly, for this study, the SG was chosen as a target large component for
modeling the management options and evaluate the radiological impacts. Although the weights and
dimensions of SGs vary widely depending on the capacities of nuclear reactors and the specific design
of the SGs, SGs are typically cylindrical metal objects weighing hundreds of tons that are a few meters
in diameter and over 10 m in height [16].
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A representative U-tube SG consists of an external shell (or body) that is usually made of a metal
alloy, a bottom side chamber, and a tube bundle through which primary coolant passes. Therefore,
the shell side of an SG is usually not significantly radioactive under normal operation conditions
because it does not contact the radioactive primary coolant, whereas the water chamber is slightly
contaminated and the inner surface of the tube bundles is contaminated with radionuclides present
in the primary coolant. In this study, the SG is assumed to be a cylindrical metal solid having the
same mass as the SG for the simplification and generalization of the problem. In addition, publicly
reported actual radioactive source terms for SGs including activated corrosion products such as 60Co,
fission products such as 137Cs and 90Sr, actinides such as 244Cm, tritium (3H), or radiocarbon (14C)
characterized through radiological surveys and measurements have been assumed and used in this
study (see Section 3.1).

2.2. Scenarios for Predisposal Management of Dismantled Steam Generators

Large metal components such as SGs dismantled from NPPs have been managed in various ways.
Based on a literature review of past experiences, 12 generalized potential management scenarios of
SGs have been derived according to the various processing methods (i.e., segmentation, smelting,
or handling in one piece without processing), places of processing (i.e., onsite, offsite, or overseas),
and transportation means (i.e., road, inland, or overseas waterway) as depicted in Figure 1 and
Table 1 [7–13,17].

 

Figure 1. Schematic view of the generalized potential scenarios and the respective locations for the
predisposal management of steam generators from nuclear power plants.

The detailed description of the symbol in Table 1 is as follow; Sj (j = 1 to 4) represents the
different segmentation workers; scrap cutter, scrap loader, scrap transfer worker, and scrap processor,
respectively. Mk (k = 1 to 7) represents the different smelting workers; smelter loader, furnace operator,
baghouse processor, slag worker, ingot caster, ingot loader, and ingot transfer worker, respectively.
T1 indicates a trailer driver who transports a steam generator in one piece. T2 indicates a truck driver
who transports the processed objects of a steam generator. T3 indicates a ship crew who transports
objects by waterway. The receptor H represents the package handler who loads or unloads a package
(both the one-piece steam generator and the processed objects). Furthermore, the subscript after H and
T means the location number in Figure 1.
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As summarized in Table 1, Scenarios 1 to 6 refer to the road transportation and Scenarios 7 to
12 refer to waterway transportation. Scenarios 1 and 7 refer to the handling of the SG in one piece
without processing, whereas the others consider processing such as segmentation only or smelting
after segmentation. Scenarios 2, 3, 8, and 9 represent processing at the NPP site and transportation
to the repository, but Scenarios 5, 6, 11, and 12 assume offsite (domestic or overseas) processing and
transportation to the repository. It is worth noting that a possible option for onsite segmentation at an
NPP and subsequent offsite smelting is reflected in Scenarios 4 and 10. Taking into consideration the
Korean situation in which all NPPs and radioactive waste repositories are located at coastal regions,
it is assumed that offsite transportation to a domestic processing plant is conducted using public roads
or through overseas waterways in the case of an overseas processing plant.

Table 1. Generalized potential scenarios for the management of large metal components from nuclear
power plants (NPPs) categorized by the measures for their processing and transportation at each stage
and the considered receptors.

Scenario
No.

Stage of Predisposal Management

Nuclear Power Plant Site On/Offsite Processing Plant Repository

#1 #2 #3 #4 #5 #6 #7 #8 #9 #10 #11

1 - - - H4 - - - - - T110 H11

2 H1 Sj - H4 - - - - - T210 H11

3 H1 Sj Mk H4 - - - - - T210 H11

4 H1 Sj - H4 T25 H6 - Mk H9 T210 H11

5 - - - H4 T15 H6 Sj - H9 T210 H11

6 - - - H4 T15 H6 Sj Mk H9 T210 H11

7 - - - H4 - - - - - T310 H11

8 H1 Sj - H4 - - - - - T310 H11

9 H1 Sj Mk H4 - - - - - T310 H11

10 H1 Sj - H4 T35 H6 - Mk H9 T310 H11

11 - - - H4 T35 H6 Sj - H9 T310 H11

12 - - - H4 T35 H6 Sj Mk H9 T310 H11

2.3. Basic Equations to Calculate Radiation Dose

In order to estimate the radiation dose to each receptor (see Table 1) exposed to radiation for
each stage of the predisposal management of SGs, a set of potential exposure pathways are assumed,
and the appropriate dose calculation models applied. In the segmentation and smelting processes,
direct exposure from radioactive metal is expected, and the inhalation of radioactive materials
suspended in the air of the workplace and inadvertent secondary ingestion of radioactive materials
can be assumed as potential exposure pathways inducing the radiation exposure to the receptors [18].
The total radiation dose (Dtot in mSv/year) to the receptors participating in the processing of SGs can
be calculated by summing the estimated radiation doses from all the possible pathways, which are
generally categorized into direct radiation and internal exposure due to the inhalation or ingestion of
radionuclides as follows:

Dtot = Dext + Dinh + Ding (1)

where Dext is the annual external dose to receptors from direct radiation (mSv/y), and Dinh and Ding are
the annual internal doses from the inhalation and ingestion pathways, respectively (mSv/y).
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The annual effective dose to the receptors involved in segmentation and smelting (i.e., S1 to S4,
and M1 to M7) from direct radiation Dext can be calculated by

Dext =
N∑
i

Dext,i =
N∑
i

CS,i·DCFext,i·t =
N∑
i

CS,i·DCFext,i·
(W

TP

)
(2)

where CS,i is the activity concentration of radionuclide i in metal scrap (Bq/g), DCFext,i is the external
dose conversion factor of radionuclide i (mSv/h per Bq/g) which is determined by the source geometry,
dimension, and distance between the source and the receptor, t is the annual exposure time (h/y), W is
the weight of SG annually processed (ton/y), TP is the throughput of processing (ton/h), and N is the
number of radionuclides.

The annual effective dose to the receptors (i.e., S1 to S4, and M1 to M7) from the inhalation of
radioactive materials in the air Dinh can be calculated by [19]

Dinh =
N∑
i

Dinh,i = CD·ε·BR· fR·
(W

TP

)
·

N∑
i

CS,i·DCFinh,i (3)

where CD is the concentration of respirable dust in the air (g/m3), DCFinh,i is the inhalation dose
conversion factor of radionuclide i (mSv/Bq), ε is the efficiency of the respiratory protection equipment,
BR is the breathing rate of the receptor (m3/h), and fR is the respirable fraction of airborne dust.

In addition, the annual radiation dose to the receptors (i.e., S1 to S4, and M1 to M7) from the
ingestion of radioactive materials Ding can be estimated as [19]

Ding =
N∑
i

Ding,i = (CD·BR·(1− fR) + IR)·
(W

TP

)
·

N∑
i

CS,i·DCFing,i (4)

where DCFing,i is the ingestion dose conversion factor of radionuclide i (mSv/Bq) and IR is the
inadvertent ingestion rate (g/h).

It is noted that the radionuclides present in metal scrap are redistributed into resulting matrices
such as ingot, slag, and dust if the metal scrap is melted in a smelter such as an electric arc furnace [18].
Accordingly, CS,i in Equations (1) to (3) should be replaced with an adjusted activity concentration of
radionuclide i in each matrix (i.e., ingot, slag, or dust) taking into consideration the respective matrix
involved in a specific scenario using Equation (5):

CP,i = CS,i·
fE,P,i

fM,P
, (5)

where CP,i is the adjusted activity concentration of radionuclide i in a resulting matrix P (i.e., ingot,
slag, or dust) in Bq/g, fE,P,i is the element partitioning factor of radionuclide i in matrix P, and fM,P is
the mass partitioning factor of metal scrap into matrix P.

On the other hand, receptors involved in transport operations (i.e., T1 to T3 and H) are also
exposed mainly due to the direct radiation from the radionuclides present in SGs or transport packaging
containing processed objects under normal transport conditions. During normal transport operation,
the radionuclides are assumed to be contained in the package, and the inhalation and ingestion
pathways can be ignored. The annual radiation dose for receptors T1 to T3 caused by direct radiation
from transport packaging DTrans (in mSv/y) can be calculated by

DTrans =
N∑
i

DTrans,i =
N∑
i

CS,i·Ntrans·DRi·Lv (6)
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where DRi is the normalized dose rate at the receptor’s location per unit activity concentration of
radionuclide i (mSv/h per Bq/g), NTrans is the number of transport operations per year (y−1), L is the
distance between the origin and the destination of the packaging to be transported (km), and v is
the average speed of the transport carrier (i.e., vehicle for road transport and vessel for waterway
transport) in km/h. After the smelting process, the dose to receptor T1 to T3 can be calculated by the
following equation:

DTrans =
N∑
i

DTrans,i =
N∑
i

CP,i·NTrans·DRi·Lv (7)

For receptor H, the annual radiation dose caused by direct radiation from the transport packaging
during the handling operation Dhandle,i (in mSv/y) can be calculated by replacing DCFext,i with DRi in
Equation (2).

It is noted that only the potential radiological impact from scenarios representing normal conditions
in the processing and transportation of SGs have been considered in this comparative study, whereas
off-normal or accidental scenarios with low probabilities are subject to preparedness and responses to
emergencies [13,14].

2.4. Calculation Tools

Here, we report a few models which have been developed to estimate the radiological impacts
from the recycling of scrap metals in which numerical models similar to Equations (1) to (4) are used as
basic formulas for calculation [18–20]. Among these models, RESRAD-RECYCLE, developed by the
Argonne National Laboratory as a computation tool to calculate radiation doses and risks resulting
from the recycling of radioactive scrap metal, was adopted in this study in order to facilitate numerical
calculation [19]. The RESRAD-RECYCLE code has been validated and widely applied to the prediction
of radiation doses from the recycling of scrap metals containing radionuclides through a series of
processes including cutting, smelting, and fabrication [21,22].

On the other hand, the potential radiological consequences to receptors T1 to T3 and H from
the transportation and handling of SGs and/or the resultant processed objects have been modeled
and calculated in this study using the RADTRAN 6 computer code developed by Sandia National
Laboratories under the funding of the U.S. Nuclear Regulatory Commission and the U.S. Department of
Energy [23]. RADTRAN 6, which simulates the radiation risk based on the measured or calculated dose
rate at 1 m from the package, has also been well validated and is frequently used for environmental
impact assessments of nuclear installations and transportation risk analysis worldwide [24].

3. Results and Discussions

3.1. General Assessment for the Predisposal Management of Dismantled Steam Generators

In this section, a set of general pathway dose factors (PDFs) was derived for each radionuclide at
its unit activity concentration based upon the processing and transportation of a reference SG of the
Optimized Power Reactor (OPR 1000) with a weight of 540 tons and reported physical dimensions
of 21 m in height and 5.7 m in outer diameter [25,26]. In total, 26 radionuclides are referenced from
publicly available inventory data for SGs from a PWR (Kori Unit 1) and a PHWR (Bruce A Unit 1) and
considered in the general assessment [14,27]: eight actinides (237Np, 238Pu, 239Pu, 240Pu, 241Am, 242Pu,
243Am, and 244Cm), six fission products (90Sr, 99Tc, 106Ru, 129I, 137Cs, and 144Ce), 10 activated corrosion
products (54Mn, 55Fe, 57Co, 59Ni, 60Co, 63Ni, 65Zn, 94Nb, 125Sb, and 154Eu), and two others (3H and 14C).

3.1.1. General Pathway Dose Factors for Processing of Dismantled Steam Generators

The potential radiation dose to each receptor involved in the processing of an SG does not depend
on the specific site or scenario but instead relies on the activity concentrations of existing radionuclides
and weight of the SG, as implied in Equations (1) to (4). In order to derive general PDFs for the
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processing of an SG, anticipated doses to all potential receptors (i.e., S1 to S4, and M1 to M7, as shown
in Table 1) were calculated using RESRAD-RECYCLE code by assuming the unit activity concentration
of each radionuclide.

The general PDF for each radionuclide and each receptor can be expressed in terms of
(mSv/y ) per (Bq/g)·ton, as below, from Equations (1) to (4):

General PDFi =
Dext,i+Dinh,i+Ding,i

W·CS,i

=
DCFext,i+CD·ε·BR· fR·DCFinh,i+(CD·BR·(1− fR)+IR)·DCFing,i

TP

(8)

where the value of TP is the reciprocal of time for processing 1 ton of steel scrap which can be
derived from the default exposure time for processing 100 ton of steel scrap as proposed in the
RESRAD-RECYCLE model [19]. In addition, the values of fM,P for SG as steel scrap in Equation
(5) are assumed to be 90% for ingot, 10% for slag, and 1% for dust using the default values in
RESRAD-RECYCLE [19]. The elements with low boiling points, such as cesium, typically concentrate
in the dust, and the elements that easily oxidize tend to concentrate in the slag [19]. It is noted that
default dose coefficients for inhalation and ingestion (see Equations (3) and (4)) in RESRAD-RECYCLE,
which are based upon Federal Guidance Report No. 11, have been replaced with those recently
introduced in the International Commission on Radiological Protection (ICRP) Publication 119, in order
to calculate the effective dose in accordance with the radiation protection recommendations of ICRP
Publication 60 [28–30]. The geometry and dimensions of objects handled by receptors participating in
SG processing and the distance from the receptors are assumed to be the same as the reference values
as proposed in the RESRAD-RECYCLE manual [19]. Thus, the assumed DCFext,i is using a default
value in the RESRAD-RECYCLE [19]. Other parameters (CD, ε, BR, fR, IR) are also assumed to be the
default value in the RESRAD-RECYCLE [19].

3H, 14C, and 129I are not taken into account in RESRAD-RECYCLE, which may be due to the
fact that 3H, 14C, and 129I emit very weak photons, and direct exposure from them is negligible [31].
However, internal exposure from the inhalation and ingestion of these radionuclides may be of
concern; radiological impacts from 3H, 14C, and 129I have been frequently considered in the assessment
of radioactive waste management [20,32]. In this study, internal exposure from the inhalation and
ingestion of these radionuclides has therefore been separately calculated, whereas direct radiation has
not been assessed for these three radionuclides.

Values of other parameters used in this study with regard to the processing of a SG are assumed
to be the same as the default values in RESRAD-RECYCLE, as mentioned above. Figure 2 shows the
general PDF for each actinide and for each receptor involved in the processing of the SG, which is
calculated using Equation (8).

It is worth noting that the general PDFs for receptors handling metal ingot (i.e., M5 to M7) are
calculated to be zero due to there being no elemental partitioning of actinides into ingot through the
smelting process (see Table 2 and Equation (5)) [19].

Significant differences are not found in the general PDFs for receptors S1, S2, S4, M1, M2, and M3,
while the PDFs for M4 show much higher values than for other receptors. Furthermore, the variability
in PDF values among the eight actinides for a receptor is generally small (e.g., the highest ratio of the
maximum to minimum PDF is 2.27), except for receptor S3, for which the significant differences in the
PDFs of actinides are observed (e.g., the ratio of the maximum to minimum PDF is about 50,000).

The small differences in the general PDFs for radionuclides (except receptor S3) can be ascribed to
the comparable dose coefficients for intake among actinides (i.e., 1.1 × 10−7 to 2.5 × 10−7 Sv/Bq for
ingestion and 2.1 × 10−5 to 4.7 × 10−5 Sv/Bq for inhalation) and the dominance of internal exposure for
the respective receptors. In addition, irregularities of the general PDFs among the actinides observed
for receptor S3 (i.e., scrap transfer worker) result from the fact that direct radiation becomes the
only applicable exposure pathway due to the general assumption of negligible portions of releasable
radionuclides under normal transfer conditions [33]. On the other hand, the higher values of general
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PDFs for receptor M4 (i.e., slag worker) than other receptors, can be attributed to the longer exposure
time, higher external dose conversion factor due to larger dimensions of objects, shorter distance from
the receptor, and the higher slag-partitioning factor of actinides, as shown in Table 2 [19].

Figure 2. General pathway dose factor for each actinide and for each receptor in the processing of a
steam generator as calculated in this study.

Table 2. Element partitioning factor of each radionuclide in dismantled steam generators [19].

Nuclide
Element Partitioning Factor (%)

Nuclide
Element Partitioning Factor (%)

Ingot Slag Dust Ingot Slag Dust

3H 1 10 0 0 125Sb 80 20 0
14C 1 63.5 0 0 129I 1 0 25 25
54Mn 49 50 1 137Cs 0 3 97
55Fe 97 2 1 144Ce 0 99 1
57Co 99 0 1 154Eu 0 99 1
60Co 99 0 1 237Np 0 99 1
59Ni 99 0 1 238Pu 0 99 1
63Ni 99 0 1 239Pu 0 99 1
65Zn 1 0 99 240Pu 0 99 1
90Sr 0 99 1 242Pu 0 99 1

94Nb 99 0 1 241Am 0 99 1
99Tc 99 0 1 243Am 0 99 1

106Ru 99 0 1 244Cm 0 99 1
1 Note: element-partitioning factors are as given in Table 2 and balanced average atmospheric release fractions of
volatile elements 3H, 14C, and 129I (i.e., 90%, 36.5%, and 50%, respectively) are taken from NUREG-1640 [20].

Figure 3 shows the calculated general PDF for each non-actinide and for each receptor involved in
the processing of the SG, in accordance with Equation (8).

For receptors S1 to S4, which are involved prior to the smelting process, where the mass of metal
scrap and the constituent elements are redistributed into resulting matrices, the external exposure
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pathway is dominant, and thus the radiological impacts from gamma-emitting radionuclides 60Co,
94Nb, 154Eu, 137Cs, 129I, and 54Mn are higher than for other radionuclides.

In the beginning of the smelting process, in which the receptors M1 and M2 are involved, both direct
radiation from scrap metal and internal exposure from the intake of radioactive dust at the smelter or
furnace are in effect. Therefore, the general PDF values of radionuclides emitting high-energy gamma
rays (e.g., 60Co, 94Nb, and 154Eu) and partitioned into dust (e.g., 137Cs, 129I and 65Zn) are remarkably
high (see Table 2). For receptor M3, which handles the baghouse filter, the general PDF values of
radionuclides that preferably partition into the dust phase (e.g., 137Cs and 65Zn) are higher compared
to the others. Likewise, the general PDFs of 94Nb, 154Eu, 129I, 54Mn, and 125Sb, which tend to be
redistributed into slag, turn out to be dominant for slag workers (receptor M4). It is also noted that the
general PDFs for receptor M4 are much higher than other receptors, as shown in Figure 3, which can be
ascribed to the same arguments already addressed to interpret the similar trend observed in Figure 2.
In addition, gamma-emitting radionuclides preferably partitioned into ingot (i.e., 60Co, 54Mn, 125Sb,
106Ru, 65Zn, etc.) induce higher PDF values for receptors handling ingot (i.e., M5 to M7).

Figure 3. General pathway dose factor calculated in this study for each non-actinide and for each
receptor in the processing of a steam generator.

Due to the volatile characteristics of 3H, 14C and 129I, however, the radionuclides may not be
trapped by the baghouse filter and may ultimately be dispersed into the atmosphere [20]. As implied in
the footnote of Table 2, significant portions of volatile elements are released into the atmosphere from
the processing facility and the radiological impacts from them may require additional care regarding
public exposure, due to the release of airborne radionuclides. In this regard, the activity concentration
of radionuclide i at the boundary of the processing facility, CB,i (Bq/m3), can be calculated as [34]

CB,i =
(1000)

(31, 536, 000)
·CS,i·W· fD,i·(X/Q) (9)

where fD,i is the dischargeable fraction of the volatile element i, 1000 is the factor used to convert tons
into grams, 31,536,000 is the factor used to convert seconds to years, and X/Q is the atmospheric

161



Sustainability 2020, 12, 5149

dispersion factor (s/m3). By applying CS,i of 1 Bq/g, W of 1 ton/year and fD,i of 90%, 36.5%, and 50%
for 3H, 14C and 129I, respectively, as well as X/Q of 4.605 × 10−6 s/m3 (at 1000 m downwind distance)
as suggested in comparable studies, CB,i for 3H, 14C, and 129I were calculated and compared to the
effluent concentration limit for airborne radionuclide (ECLA,i) set forth in 10 CFR Part 20 Appendix B,
based upon the annual radiation dose limit (i.e., 1 mSv/year) for the members of the public, as shown
in Table 3 [20,35].

As shown in Table 3, the ratio of CB,i to ECLA,i lies within a range from an order of approximately
10−14 to 10−9, and the activity concentrations equivalent to the ratio of CB,i to ECLA,i to unity are
calculated to be 2.03 × 108 to 2.81× 1013 Bq/g, which conforms to a total activity of each radionuclide
of 1.09 × 1011 to 1.52 × 1016 MBq in the SG (i.e., 540 tons). It is noted that the above estimated total
activity for each volatile radionuclide equivalent to the public dose limit is much lower than the
actual radioactive source terms of SGs in Section 3.2.1. Thus, the potential exposure due to volatile
radionuclides released into the atmosphere from a processing plant are not further taken into account
in this study, since their contributions to radiological impacts turn out to be negligible.

Table 3. Estimated concentration of the volatile radionuclides at the boundary of the processing facility,
the ratio with regard to the applicable effluent concentration limits for airborne radionuclides, assuming
the unit activity concentration of each radionuclide in the steam generator, and activity concentration
equivalent to the unit ratio.

Radionuclide
CB,i

(Bq/m3 per (Bq/g)·ton)
ECLA,i (Bq/m3) Ratio of

CB,i
ECLA,i

Activity Concentration Equivalent to
CB,i

ECLA,i
=1

(Bq/g)

3H 1.31 × 10−10 3.70 × 103 3.55 × 10−14 2.81 × 1013

14C 5.33 × 10−9 1.11 × 102 4.80 × 10−11 2.08 × 1010

129I 7.30 × 10−9 1.48 × 100 4.93 × 10−9 2.03 × 108

3.1.2. General Pathway Dose Factors for Transportation and Handling of Dismantled
Steam Generators

Using Equation (6), the general PDF for each radionuclide and each receptor (i.e., T1 to T3)
involved in the transport operations can be defined in terms of (mSv/y ) per (Bq/g)·km, as below:

General PDFTrans,i =
DTrans,i

CS,i·L =
DRi·NTrans

v
(10)

and receptor H, involved in the handling operations, can be defined in terms of (mSv/y ) per (Bq/g)·ton
as follows:

General PDFHandle,i =
DHandle,i

CS,i·W =
DRi
TP

(11)

where Dhandle,i (in mSv/year) can be calculated by replacing DCFext,i with DRi in Equation (2).
In order to calculate the radiation dose from transportation using RADTRAN 6, the dose rate 1 m

from the package should be provided as an input [32]. Thus, the dose rate 1 m from a package containing
1 Bq/g of each radionuclide listed in Table 4 has been derived using the MicroShield® computer code
with regard to the SG in one piece, and a container containing processed (i.e., segmented or smelted)
objects [36]. For simplification, each radionuclide is assumed to be homogeneously distributed
in the total volume of the SG weighing 540 tons in one piece, defined in Section 3.1, and in the
International Organization for Standardization (ISO) 1496/1 container (length 12 m, width 2.4 m, and
height 2.5 m), which is widely used in the transportation of low and intermediate level radioactive
waste (LILW), containing 20 tons of processed objects [23]. As such, the dose rate 1 m from each
package containing each of the 11 key radionuclides for SG transportation at unit activity concentration
was derived as shown in Table 4, ranging in the order of 10−7–10−4 (mSv/h ) per (Bq/g). It should be
noted that other radionuclides showing negligibly low dose rates ranging in the order of 10−25–10−15

(mSv/y ) per (Bq/g) are not given in Table 4.
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Table 4. The dose rate 1 m from packages per unit of radioactivity concentration.

Radionuclide
Dose Rate (mSv/h per Bq/g)

One Piece Segmented Smelted

54Mn 1.34 × 10−4 8.96 × 10−5 4.88 × 10−5

57Co 1.18 × 10−5 2.78 × 10−6 3.06 × 10−6

60Co 4.04 × 10−4 2.75 × 10−4 3.02 × 10−4

65Zn 9.38 × 10−5 6.35 × 10−5 7.06 × 10−7

94Nb 2.53 × 10−4 1.68 × 10−4 1.84 × 10−4

106Ru 3.33 × 10−5 2.10 × 10−5 2.31 × 10−5

125Sb 6.66 × 10−5 4.00 × 10−5 3.56 × 10−5

137Cs 9.06 × 10−5 5.84 × 10−5 0
144Ce 6.54 × 10−6 3.70 × 10−6 0
154Eu 2.07 × 10−4 1.37 × 10−7 0
237Np 1.42 × 10−6 3.27 × 10−7 0

In Table 4, the ratio of the dose rate 1 m from the SG to that from the ISO 1496/1 container that
emplaced segmented objects is about 1.6, on average, except for 57Co and 237Np. The higher dose
rate 1 m from the SG than from the container can be attributed to the difference in total radioactivity
present in the whole SG and in one container; that is, there is 27 times higher radioactivity in the
SG than in the single container for segmented SG. Due to the redistribution of radionuclides after
smelting, for some radionuclides that are concentrated to ingot after smelting as the concentration of
these radionuclides can be calculated by Equation (5) (i.e., Co57, Co60, Nb94 and Ru106) using the values
in Table 2, the dose rate at 1 m from the container containing smelted SG (i.e., ingot) is higher than that
for segmented SG. However, for other nuclides that are not redistributed to ingot after smelting (i.e.,
Cs137, Ce144, Eu154 and Np237), no radiological impacts of these nuclides for smelted SG transportation
were observed. The much lower ratios for two low-energy photon emitters 57Co and 237Np (a few keV
of average photon energy) can be ascribed to the fact that the low-energy photon is very susceptible to
self-absorption [37].

As shown in Figure 4, the general PDFs for T1–T3 and H have been derived using the RADTRAN
6 code in accordance with Equations (10) and (11), using the assumed values of parameters referenced
from the open literature, as given in Table 5.

Table 5. Assumed conditions and input parameter values to derive general pathway dose factors using
RADTRAN 6 code.

Transport
Means

Processing
Methods

Speed
(km/h)
[38–40]

Vehicle Weight, W (ton/y) Throughput, TP (ton/h) Ntrans (y−1)

Road
One piece 20 Trailer 540 100 1

Segmented 60 Truck 20 100 27

Smelted 60 Truck 20 100 24.3

Waterway [41]

One piece 22 Ship [42] 540 100 1

Segmented 22 Ship 540 100 1

Smelted 22 Ship 486 100 1

NOTE: The assumed distance from the receptor to the object transported is 4 m for T1, T2 and T3. In addition, it is
assumed that the receptor H handles the object 10 m away with a crane. The total weight of the smelted objects
transported is 486 ton which is partitioned to ingot mass.

As shown in Figure 4, the general PDF values for receptors T1 and T2 which use road transportation
are 766 to 1952 times higher than those for the waterway transport workers, T3, and the general PDFs
for the receptor involved in the transportation/handling of the processed SG are about two to six times
higher than those for SG in one piece. The higher PDF values for the road transportation than for
the waterway transportation result from an inspector checking the packaging for only two minutes
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per day being considered a crew member for waterway transport in the RADTRAN 6 model, while a
driver for road transportation, exposed during the whole transport operation, is assumed to be a crew
member [32].

On the other hand, the higher general PDF values for the processed SG transportation/handling
for receptors T1, T2 and H than those for SG in one piece can be attributed to Ntrans which have values
of 27 y−1 for the segmented SG transportation and 24.3 y−1 for smelted SG because the loading limit of
the container is 20 ton so that 540 ton of segmented objects are transported in 27 times, and 486 ton that
are partitioned to the ingot mass (90%) of smelted objects are transported in 24.3 times. Furthermore,
although the dose rate at 1 m from the container containing smelted SG is higher than that containing
segmented SG for Co57, Co60, Nb94 and Ru106 given in Table 4, the general PDF values for segmented
SG are higher than those for smelted SG due to the Ntrans mentioned in the previous paragraph. Thus,
the effect of Ntrans is greater than that of the concentrated radioactivity concentration of the ingot.

However, for waterway receptor, T3, Ntrans is the same whether the transportation of SG in one
piece or in the container including processed objects. Therefore, the general PDFs for SG in one piece is
higher than that for the containers with processed objects, which conforms to the relative magnitudes
of the dose rate at 1 m from package calculated in this study (see Table 4).

Figure 4. General pathway dose factor for each radionuclide and for each receptor, from T1 to T3 (read
left Y axis) and H (read right Y axis), involved in the transportation of the steam generator as calculated
in this study.

3.2. Specific Assessment for Predisposal Management of Dismantled Steam Generators

In order to estimate the potential radiological impacts from the management of actually dismantled
SGs, a set of assessments have been conducted for two types of SGs from PWRs and PHWRs to
be managed in Korea. One of the SGs was replaced from Kori Unit 1 in 1998 and the other from
Bruce A Unit 1 in 1997; these are assumed to be representative large components from PWRs and
PHWRs, respectively.
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3.2.1. Characteristics and Source Terms of Dismantled Steam Generators

Kori Unit 1 is a two-loop 576 MWe PWR in Korea under permanent shutdown since 2017, and its
replaced SG has a dimension of about 20 m in height and 4.88 m in outer diameter, and weighs
300 tons [42]. On other hand, Bruce A Unit 1 is a one-loop 840 MWe Canadian PHWR, and its replaced
SG has a dimension of about 11.7 m in height and 2.6 m in outer diameter and weighs 100 tons [27,43].
Table 6 shows the actual radionuclide-specific inventories of the two types of SGs obtained from the
open literature [38,44].

The composition and inventory of each radionuclide in the PWR SG were reported to be
characterized by a smear test for radioactive deposits onto the surface of the SG chamber and the
measurement of the dose rates from the SG tubes in 1998; however, non-gamma emitters were not
included in the source terms [44]. Ten short-lived radionuclides with half-lives of less than 180 days
were excluded from the 16 reported radionuclides, resulting in six radionuclides (e.g., 54Mn, 57Co,
60Co, 65Zn, 106Ru, and 144Ce) being assessed for the PWR SG. On the other hand, the radioactive source
terms for the PHWR SG were reported to be determined by multiple measures, not only including
direct measurements by in situ gamma spectrometry, but also the application of scaling factors and
neutron activation calculations to estimate the hard-to-detect radionuclides in 2010 [27]. From the
reported 22 radionuclides, short-lived radionuclides were screened out as well, and 21 radionuclides
in total were retained for assessment in this study.

Table 6. Radioactive source terms of the assumed dismantled steam generators for a pressurized water
reactor (PWR) and a pressurized heavy water reactor (PHWR).

PWR Steam Generator from Kori Unit 1 [44] PHWR Steam Generator from Bruce A Unit 1 [38]

Radionuclide
Half-Life

(year)
Total Activity

(MBq)
Radionuclide

Half-Life
(year)

Total Activity
(MBq)

51Cr 7.59 × 10−2 1.71 × 105 3H 1.20 × 101 2.15 × 104

54Mn 8.57 × 10−1 3.50 × 104 14C 5.70 × 103 1.50 × 103

59Fe 1.22 × 10−1 2.59 × 104 55Fe 2.70 × 100 2.43 × 104

57Co 7.42 × 10−1 3.06 × 103 60Co 5.27 × 100 8.47 × 104

58Co 1.94 × 10−1 1.13 × 106 59Ni 7.50 × 104 5.20 × 102

60Co 5.27 × 100 6.36 × 105 63Ni 9.60 × 101 6.69 × 104

65Zn 6.70 × 10−1 1.97 × 104 90Sr 2.90 × 101 4.71 × 104

85Sr 1.78 × 10−1 1.51 × 105 94Nb 2.00 × 104 1.50 × 101

95Zr 1.76× 10−1 6.40 × 104 125Sb 2.80 × 100 4.11 × 101

95Nb 9.61 × 10−2 1.25 × 105 99Tc 2.10 × 105 9.00 × 10−2

103Ru 1.08 × 10−1 1.93 × 105 129I 1.60 × 107 3.90 × 10−4

106Ru 1.01 × 100 1.85 × 105 137Cs 3.00 × 101 8.21 × 102

113Sn 3.15 × 10−1 5.67 × 103 181Hf 1.16 × 10−1 6.74 × 102

136Cs 3.62 × 10−2 5.13 × 105 154Eu 8.80 × 100 2.91 × 102

141Ce 8.90 × 10−2 3.91 × 104 237Np 2.10 × 106 7.50 × 10−1

144Ce 7.79 × 10−1 3.84 × 104 238Pu 8.80 × 101 4.80 × 103

239Pu 2.40 × 104 4.90 ×103

240Pu 6.50 × 103 6.99 ×103

242Pu 3.80 × 105 7.10 ×100

241Am 4.30 × 102 1.61 ×104

243Am 7.40 × 103 1.60 ×101

244Cm 7.80 × 102 8.24 ×103

Total activity 3.3 × 106 Total activity 2.89 × 105

3.2.2. Specific Scenarios for Predisposal Management of Dismantled Steam Generators

One PWR SG is assumed to be produced from one of the six PWRs in the Hanul NPPs where PWRs
are in operation, then processed or unprocessed and ultimately transported using a road or waterway
to the final radioactive waste repository, Wolsong LILW Disposal Center (WLDC), in accordance with
the 12 scenarios given in Table 1. In addition, it is assumed that one PHWR SG is generated from one of
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the four PHWRs in the Wolsong NPPs site and then transported to WLDC with/without processing via
road transport only; waterway transport is screened out due to the proximity of WLDC to the Wolsong
NPPs site.

The distance from each NPP site to the overseas processing plant and WLDC is estimated using
publicly available geographic information, as shown in Table 7. The distance from each NPP site
to the offsite domestic processing plant is simply assumed to be 100 km for road transportation,
while the distance to the overseas processing plant (21,500 km, as shown in Table 7) is estimated by
assuming transportation from the Wolsong NPP site to the Studsvik radioactive metal processing plant
in Sweden [45].

As addressed in Section 3.1.2 and Table 4, the dose rate 1 m from each packaging (i.e., two types
of SGs and containers including processed objects) was calculated using the radioactive source terms
of each SG given in Table 6 as follows: 0.805 and 0.237 mSv/h for the one-piece SGs from PWR and
PHWR, respectively, and 0.604 and 0.193 mSv/h for the containers with segmented objects produced
from the processing of the SG from each NPP, and 0.654, 0.213 mSv/h for the containers with smelted
objects of the SG from each NPP. Moreover, the values of NTrans are 15 and 5 y−1 for the PWR and
PHWR segmented SGs, respectively, and 13.5 and 4.5 y−1 for the PWR and PHWR smelted SGs.

Table 7. Lengths of the transport routes from the designated origins to the destinations assumed for
specific assessment. LILW: low and intermediate-level radioactive waste.

Origin
Distance to Destination (km)

Wolsong LILW Disposal Center Processing Plant

Road [46] Waterway [47] Road Waterway [45]

Kori 80 96 100 21,500
Hanul 170 207 100 21,500

3.2.3. Calculation of Radiation Dose from Processing of Dismantled Steam Generators

The total dose of the receptors processing SGs can be rewritten from Equations (1) and (8) as

Dtot = W·
N∑

i=1

Cs.i·General PDFi (12)

where N is the number of radionuclides. Accordingly, the total dose of each receptor processing the
PWR SG and PHWR SG shown in Figure 5 was calculated by the general PDF for each radionuclide i
(see Figures 2 and 3), the weight of PWR SG and PHWR SG (300 and 100 ton, respectively), and the
concentration of each radionuclide i (see Table 6).

Although it is not specified in Figure 5, 60Co turns out to be the most dominant for all receptors
except for M4 (slag worker), which is attributed to it having the highest activity concentration among
the 26 radionuclides, as given in Table 6, and the high general PDF value for 60Co, except for M4, due to
the very high element partitioning of 60Co into ingot and no partitioning into the slag phase, as shown
in Table 2.

As shown in Figure 5, all the radiation doses of the receptors S1 to S4 and M1 to M7 for PWR SG
are higher than those for the PHWR SG. This can be explained by the higher inventory of radionuclides
in the PWR SG (see Table 6) and the three times heavier weight of the PWR SG compared to the
PHWR SG, as implied in Equation (12). In addition, two receptors—M2 (furnace operator) and M4

(slag worker)—received the highest radiation doses in the processing of both types of SGs. The high
exposure of the receptor M2 can be attributed to the high dust loadings (i.e., CD in Equation (3)) in the
smelting process compared to the segmentation process [19]. On the other hand, the high radiation
dose for receptor M4 can be ascribed to the fact that more radionuclides tend to redistribute into
slag than into ingot and dust phases in the smelting process (see Table 2). Moreover, the relatively

166



Sustainability 2020, 12, 5149

high radiation dose of M4 among others involved in the processing of PHWR SGs results from the
selective partitioning (i.e., 99%) of all actinides into the slag phase. Finally, the lower radiation dose of
receptor M3 (baghouse processor) than the other receptors in the processing of PWR and PHWR SGs is
explained by the very low contents of 65Zn and 137Cs (i.e., 0.3% and 0.6%, respectively, as given in
Table 6), whereas only two out of the 26 radionuclides of concern tend to distribute selectively into the
dust phase, which are the radionuclides that most affect the receptor M3.

Figure 5. Radiation dose of receptors S1 to M7 involved in the processing of the PWR or PHWR steam
generator calculated in the specific assessments.

3.2.4. Calculation of Radiation Dose from Transportation and Handling of Dismantled
Steam Generators

In contrast to the specific dose calculation for the processing receptors that can be directly
calculated using the general PDFs and the given input parameters (see Section 3.2.3), the radiation
dose of the receptors involved in the transportation or handling of SGs in a specific case should be
calculated in a different way. That is, the total dose of the transportation receptor can be calculated
using Equation (6) as below:

Dtrans =
L·NTrans

v
·

N∑
i=1

DRi·Cs.i (13)

On the other hand, the total dose of receptor-handling SG can be derived from Equation (2) as follows:

DHandle =
W
TP
·

N∑
i=1

DRi·Cs.i (14)

Radiation doses for the receptors (T1 to T3 and H) participating in the transportation of SGs from
the PWRs NPP site in Korea (i.e., Hanbit) or from PHWRs NPP site (i.e., Wolsong) are calculated using
Equations (13) and (14) and the values of parameters v given in Table 5, CS,i in Table 6, L in Table 7,
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and NTrans in Section 3.2.2. No plots for the Scenarios 4–9 in Figure 6b result from the screening out of
the inland waterway transport of the PHWR SG from Wolsong Site to WLDC (see Section 3.2.2).

 

  

(a) Hanbit site (b) Wolsong site 

Figure 6. Calculated radiation dose of the receptors T1–T3 and H involved in the transportation of the
steam generators from two NPP sites.

The radiation doses for the package handlers (H) in all scenarios in Figure 6a,b are calculated to
be the same, as the target package is same (e.g., H4 = H6 and H9 = H11 for Scenarios 4–6 and Scenarios
10–12). The lower doses for H in Figure 6b than Figure 6a can be explained by the differences in the
radionuclides inventories (Table 6) and the general PDFs derived in this study (Figure 4) between SGs
from PWR and PHWR.

The calculated doses for T210 in Scenarios 2 and 5 (i.e., the transportation of segmented SG)
show the highest level among the road transport workers (T1 and T2) in Scenarios 1–6 in Figure 6a,
which conforms to the relative magnitudes of the general PDFs calculated in this study (see Figure 4).
However, the higher doses for T310 in Scenarios 11 and 12 (i.e., the transportation of the SG in one
piece), among waterway transport workers in Figure 6a, can also attributed to the highest general PDF
values for the transportation of the SG in one piece (see Figure 4). Likewise, the higher radiation dose
for T310 (i.e., the transportation of segmented SG) than that for T35 (i.e., the transportation of smelted
SG) in Scenario 10 can be explained by the higher general PDF for the transportation of segmented SG
than for the transportation of smelted SG (see Figure 4).

The lower radiation doses for the receptors involved in the inland or overseas waterway
transportation of the PWR SGs in Scenarios 7–12 in Figure 6a compared to the road transport
drivers in Scenarios 1–6 were already predicted in the respective general PDFs, as shown in Figure 4.
On the other hand, the higher doses for the overseas waterway transportation of the PHWR SGs
in Scenarios 10–12 in Figure 6b compared with road transportation in Scenarios 1–3 are contrary to
the general PDFs in Figure 4, which can be ascribed to the much longer distance for the overseas
transportation (21, 500 km) than for the road transportation (7 km), as shown in Table 7.

3.3. Comparison with Actual Experiences in and Studies on Predisposal Management of Steam Generators

In order to test the applicability of the models proposed in this study, a comparison with other
modeling studies or actual experiences is helpful. Comprehensive studies covering every stage in the
predisposal management of SGs are not available in the open literature; however, the radiological
impact assessment models established in this study are partly compared to a reference study only on
the onsite processing of an SG in Korea and another practical reference study only on the transportation
of SGs in Germany [13,14].

168



Sustainability 2020, 12, 5149

3.3.1. Comparative Studies for Processing of Steam Generators

Conditions and input parameters for comparison with the reference study on the onsite processing
of an SG are shown in Table 8, where the conditions or parameter values are assumed to be the same as
or equivalent to the reference as much as practicable [14]. Receptors S1, S2, M2, and M4 (see Table 2),
which were common to both studies, were selected for comparison. The specific considerations assumed
in the reference study, such as the separation of the tubes and chambers of the SG, the decontamination
of segmented pieces, and the shielding of radioactive objects from workers, could not be fully reflected
due to limitations in the known information or inherent differences in the basic models and scenarios
between the two studies.

Table 8. Conditions and input parameters assumed for the comparison with the reference study on the
onsite processing of steam generators in Korea.

Parameter This Study Reference Study [14]

Component and weight Kori Unit 1 SG (300 ton)

Parts Assumed to be in one piece Separated into tubes and chambers

Radionuclide 54Mn, 60Co, 65Zn, 106Ru, and 144Ce

Activity concentration Homogeneous (see PWR SG in
Table 6)

Chamber: 15.9 and 0.03 Bq/g for
60Co and 106Ru, respectively

Tube: 0.53, 4309, 0.04, 8.47, and
0.28 Bq/g for 54Mn, 60Co, 65Zn,
106Ru, and 144Ce, respectively

Radioactive decay Decay prior to processing not
considered

Decay for 28 years prior to
processing

Shielding Not considered Considered

Decontamination Not considered Considered

Mass partitioning 90% for ingot, 10% for slag, and
1% for dust (see Section 3.1)

98.35% for ingot, 1.64% for slag,
and 0.01% for dust

Exposure duration See footnote 1

S1: 40 h (chamber), 100 h (tube)
S2: 43 h (chamber), 15 h (tube)
M2: 73 h (chamber), 60 h (tube)
M4: 3 h (chamber), 2.5 h (tube)

1 The exposure duration (t) was not directly used in the dose calculation of this study. However, the exposure
duration can be estimated from the weight and throughput in accordance with the relation in Equations (2)–(4).

The radiation doses for the four designated receptors were calculated using Equation (12),
the general PDFs in Figure 3, and the values of parameters in Table 8, and then compared with the
respective results in the reference study as shown in Figure 7.

As shown in Figure 7, the radiation doses for the receptors S1 and S2 calculated in this study lie
between those for the receptors involved in the processing of chambers and tubes given in the reference
study, which is mainly attributed to the fact that more radioactivity is distributed to the tube sides
(reported to be about 95% of total activity) rather than to the chambers (about 5%) in the SG, as reported
in the actual experience report on the SG replacement [42]. Regarding receptors M2 and M4, on the
other hand, the estimated radiation doses in this study are higher than those reported for the respective
receptors in the reference study [14]. The reference study underestimates the radiation doses for M2

(furnace operator) and M4 (slag worker), which can be explained by the multiple factors considered
in the reference study, such as decontamination prior to smelting, the shorter exposure duration
for M4, lower mass partitioning into slag, additional shielding, and the 28-year-long radioactive
decay (low-element partitioning of the relatively long lived 60Co into slag, as shown in Table 6) prior
to processing.
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Figure 7. Comparison of the radiation doses for the receptors S1, S2, M2, and M4 calculated in this study
and presented in the comparable reference study [14]. Plots for the “Camber” and “Tube” represent the
estimated radiation doses for the workers processing the chambers and tubes of the steam generator,
respectively, in the reference study.

3.3.2. Comparative Studies for Transportation of Steam Generators

The conditions and values of the input parameters, for comparison with the reference study on
the offsite transportation of SGs in one piece, are shown in Table 9 [13].

Table 9. Conditions and input parameters assumed for comparison with the reference study on the
offsite transportation of steam generators in Germany.

Parameter
Case I Case II

This Study Reference Study [13] This Study Reference Study [13]

Component Two SGs (16.5 m height, 3.6 m outer diameter, and
177 ton weight)

Four SGs (16.5 m height, 3.5 m outer diameter, and
160 ton weight)

Route From Obrigheim NPP to Lubmin interim storage From Stade NPP to Studsvik in Sweden

Transport measure
and distance

Road: 1 km [48]
Waterway: 1399 km

Road (onsite) and
waterway

1400 km total

Road: 1 km [49]
Waterway: 920 km [50]

Road (onsite) and
waterway

Distances not given

Transport time 1
Road: 1 h

Waterway: 63.6 h or 15
days

15 days Road: 1 h
Waterway: 50 h or 4 days 4 days

Dose rate from SG 0.1 mSv/h 2 m from
surface [51] Not given 0.1 mSv/h 2 m from

surface [51] Not given

1 Road transport time is assumed to be 1 h considering the practical arrangements needed for onsite transport. On
the other hand, transport time for the waterway is either derived from the transport distance and respective speed
(see Table 5) or assumed to be the same period reported in the reference study.

Due to the limited information presented in the reference study, a few conditions and parameters
should be assumed based on regulatory limits or reasonable inference. The distance of onsite road
transportation in each case, which is not given in the reference study, has been assumed to be about 1 km
by measuring the length of the routes using a publicly available map [48,49]. Likewise, the distance
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from the Stade NPP to Studsvik through the overseas waterway (see Case II) was assumed to be
920 km [50]. Furthermore, the dose rates from the packages, which are not reported in the reference
study, are assumed to be 0.1 mSv/h at 2 m from the surface of the package, in accordance with
international transport regulations [51].

As stated in Section 3.2.4, the total doses of the representative transportation receptors T1 and T3
are calculated using Equation (13) and the assumed conditions in Table 9, and then compared with the
results in the reference study (see Figure 8).

As shown in Figure 8, the calculated radiation doses for the designated receptors are quite
comparable to those reported in the reference study, which implies that the assessment models
developed in this study and the assumed conditions for comparison (see Table 9) are reasonable.
The range of radiation doses for receptor T3 in Case I calculated in this study lies between those
calculated and actually measured (i.e., below the detection limit) in the reference study. For Case II,
the calculated dose for T3 is much closer to the measured value rather than the higher estimated value
in the reference study [13]. This study underestimates the radiation dose for receptor T1 in Case I
compared to the reference study (i.e., 1.4% to 25% of the reported values), but further analysis could not
be conducted due to the limited information (e.g., actual radioactive source terms) in the reference case.

Figure 8. The comparison of the radiation doses for receptors T1 and T3 calculated in this study and
presented in the comparable reference study for Cases 1 and 2 [13]. Plots for the “Reference study
(calculated)” and “Reference study (measured)” represent the radiation doses for the transport workers
as calculated and actually measured, respectively, in the reference study [13]. The plot for T3 in Case I is
not shown since the measured radiation dose is reported to be below the detection level. The reference
study does not provide the value for T1 in Case II, and therefore, it is not plotted in Figure 8.

3.4. Application of Regulations to Transport of One-Piece Steam Generators

Segmented pieces of SG or byproducts (e.g., ingot, slag, baghouse dust filter) from the processing
of SGs can be transported using designated standard packages (e.g., Type IP (industrial package),
Type A package) under the full-scope transport regulations for radioactive materials [51]. Due to
the bulk size and heavy weight of SGs, however, an SG in one piece without segmentation cannot
be placed into any available standard packages and the transport regulations may not be fully

171



Sustainability 2020, 12, 5149

applicable [4]. Special arrangement for the transportation of consignments which cannot satisfy
all applicable requirements has been already adopted in the IAEA Transport Regulations; however,
the IAEA provides much more specific guidance on the transport of “large components” under special
arrangements, as shown in Table 10 [51,52].

Table 10. Recommended criteria to approve the special arrangement transport of steam generators in
one piece suggested by the International Atomic Energy Agency (IAEA) [52].

Quantitative Criterion Qualitative Criterion

(a)
Conveyance activity limit ≤ 10A2 for
inland waterway or 100A2 for other
modes [51]

- Non-fissile or fissile excepted
- No unnecessary extraneous

material in interior void
space of the component

- Negligible liquid content
- Satisfying Type IP (Industrial

Package)-2 requirements for
the component including any
unpackaged penetrations,
openings and crevices, and
additional shielding

- Consigned as exclusive use
of the component

- Excluded from air transport
due to size and mass of
the component

(b) External radiation level 3 m from
unshielded component ≤ 10 mSv/h

(c)

Maximum radiation level on outside
shell of and at plane formed by
opening/penetration on the component
< 2 mSv/h

(d)
Accidental intake of radionuclide by a
person ≤ ~10−6A2 or corresponding
inhalation dose of 50 mSv

(e)

Non-fixed contamination of the
component’s accessible surface ≤
Limiting value for surface contaminated
objects (SCOs) [51] 1

1 Limiting the value for the non-fixed contamination on the inaccessible surface for beta and gamma emitters and
low-toxicity alpha emitters is 40 × 103 Bq/cm2, and 4 × 103 Bq/cm2 for all other alpha emitters.

In order to evaluate if the SGs from the PWRs and PHWRs assumed in this study (see Section 3.2)
can meet all the criteria for the approval of transportation under special arrangements, the quantitative
criteria were assessed for each SG, while a set of qualitative criteria which should be confirmed case
by case are assumed to be satisfied in this study. In accordance with qualitative criterion (a), firstly,
the sum of the fraction for activity contents in each SG (see Table 3) is calculated using the following
equation:

Sum o f f raction =
N∑
i

Ai
A2,i

(15)

where Ai is the activity of each radionuclide i in SG (TBq) and A2,i is the A2 value defined in Table 2 of
the IAEA Specific Safety Requirements No. SSR-6 (TBq) [51].

The sum of fractions is calculated to be 5.6 (≤10) and 37.3 (>10 but ≤100) for the PWR SG and the
PHWR SG, respectively, which can be interpreted to mean that the PWR SG assumed in this study
meets qualitative criterion (a) for all the transport measures but the PHWR SG is not appropriate for
inland waterway transport under special arrangement.

Using the MicroShield® computer code and specifications of the SGs (see Section 3.1.2), the dose
rates 3 m from the PWR SG and the PHWR SG were calculated to be lower than the limiting value of
10 mSv/h, at 0.46 and 0.12 mSv/h, respectively. Accordingly, the qualitative criterion (b) is demonstrated
to be satisfied for both SGs. At the same time, the maximum radiation levels on the outside shell of
the PWR SG and the PHWR SG are 1.38 and 0.50 mSv/h, respectively, which are both lower than the
2 mSv/h specified as a limiting value for the qualitative criterion (c).

With regard to the qualitative criterion (d), finally, the potential intake of radionuclide i by a
person QINT,i (TBq) can be simply calculated by Equation (16):

QINT,i = QIV,i·FREL·FRSUS·FINT (16)
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where QIV,i is the inventory in the package (TBq) of radionuclide i, FREL is the releasable fraction of the
activity which is to be released from the package in an accident, FRSUS is the fraction of the released
activity which is in respirable aerosol, and FINT is the fraction of the respirable released activity to
be inhaled by a person in the vicinity of the accident [52]. By simply adopting the reference values
for FREL (0.1), FRSUS (0.01), and FINT (10−4) suggested by the IAEA and assuming the radioactivity in
Table 6 for QIV,i, the sum of fraction for QINT,i is calculated by the following equation:

Sum o f f raction =
N∑
i

QINT,i

A2,i
(17)

where the calculated values of the sums of fractions are 0.56 × 10−6 for the PWR SG and 3.73 × 10−6 for
the PHWR SG, respectively, which can be interpreted to mean that the PWR SG assumed in this study
meets the qualitative criterion (d), but the PHWR SG is not appropriate for transport under special
arrangement. Through more specific assessments for FREL, FRSUS, and FINT, however, even higher
levels of the total activity content could be justified [52].

Qualitative criterion (e) is subject to a specific SG’s non-fixed contamination levels; therefore,
the criteria cannot be evaluated for the two SGs assumed in this study. Therefore, it is assumed
that both SGs are demonstrated to meet the qualitative criterion (e) and to be defined as surface
contaminated objects (SCOs) with the provided information regarding the surface contamination.
Under this assumption, the SGs should meet Type IP package requirements for transportation under
special arrangement and furthermore, the SGs should be categorized into SCO-I and SCO-II subject to
Type IP-1 and IP-2 package requirements, respectively [51].

Based upon the set of assumptions made and the evaluation conducted in this study, the PWR
SG meets the criteria for transportation under special arrangement through all the transport modes,
while the PHWR SG is not to be applicable for inland waterway transportation under special
arrangement. The practical applicability of the special arrangement transportation of SGs is also shown
in Table 11, which introduces a few respective cases reported in the open literature [13,38,53–55].

Table 11. Reported cases of the suggestion and application of special arrangements for the transportation
of steam generators.

Country Applied Standards Type of Object and Package

United States [53,54]

- Dose rate ≤ 10 mSv/h (3 m from SG)
- Conveyance activity ≤ 100A2.
- Surface contamination for beta, gamma and low toxicity alpha ≤

40 × 103 Bq/cm2

- Surface contamination for other alpha ≤ 4 × 103 Bq/cm2

SCO Type IP-2

Germany [13]

- Dose rate ≤ 10 mSv/h (at 3 m from SG)
- 10A2 for inland waterway and 100A2 for other modes
- Intake by inhalation ≤ 10−6A2

SCO-II Type IP-2

Canada [38]

- Surface contamination for beta, gamma and low toxicity alpha ≤
40 × 103 Bq/cm2

- Surface contamination for other alpha ≤ 4 × 103 Bq/cm2

- Speed limit for road transport vehicle ≤ 20 km/h

SCO-I Type IP-1

Japan [55]

- Surface dose rate < 10 mSv/h (at 3 m from SG)
- Total activity ≤ 100A2

- Surface contamination for beta and gamma ≤ 40 × 103 Bq/cm2

- Activity concentration limit for sea transport ≤ 74 Bq/g 1

SCO-I Type IP-1

1 It is reported that compliance with this criterion facilitates the process of the sea transportation of an SG which is
not considered a “dangerous material” [55].
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4. Conclusions

Twelve comprehensive scenarios including every stage in the predisposal management of a
representative large component from NPPs (i.e., SG) were modeled based upon processing methods,
places of processing, and transportation means, and an integrated framework was established to assess
the radiological risk for 15 receptors involved in the processing and transport of SG in each scenario.
Assuming a unit activity concentration of each radionuclide reported to be present in SGs, a set of
normalized general PDFs were derived for 26 radionuclides.

It was found that the normalized potential radiation dose is greatly affected by the selective
partitioning of mass and element in the smelting of metal component SGs. The general PDF value
for slag workers is higher than for the other receptors for most radionuclides except 129I, due to
multiple factors such as the relatively long exposure time and selective partitioning of all actinides
into slag. In addition, the representative high-energy gamma emitter 60Co selectively partitioned into
ingot is the most dominant radionuclide for the receptors involved in the processing and handling of
scrap or ingots. With regard to transportation operations, it is shown that the general PDFs for road
transport are much higher (766 to 1952 times) than for waterway transport, and those for the transport
of processed objects from SG are two to six times higher than the transport SG in one piece.

Assuming two types of SGs are generated from PWRs and PHWRs at two nuclear sites, processed
and ultimately disposed of in Korea, a set of specific assessments was conducted by using the derived
general PDFs for directly processing and separately derived equations for transport, according to the
methodology established in this study and additional specific data such as the actually measured
source terms. The estimated radiation doses for the processing workers were affected by the weight
and radioactive source terms of the SG rather than its origin. The higher radiation dose calculated
for the workers processing SGs from PWRs than those from PHWRs can be attributed to the heavier
weight and differences in the characterized radioactive source terms. Under the conditions assumed
in this study, the maximum annual individual doses for the receptors involved in the predisposal
management of SGs lies between 13.7 mSv (for a PWR SG) and 1.14 mSv (for a PHWR SG) for each
generated and processed SG. It is worth noting that the highest calculated individual dose was about
27.4% of the effective dose limit for the radiation workers (50 mSv/year), whereas the calculated dose
for the workers involved in long-distance transportation was about 68.5% of the 5 year average effective
dose limit for a radiation worker (20 mSv/year), which suggests additional shielding for rotating
transport workers should be considered.

Compared with reference cases (i.e., actual experience in the transportation of SGs and studies on
the processing of SGs from PWRs), the estimated maximum radiation doses calculated in this study
are comparable to those in the reference cases, from 1.44% to 165% for processing and from 1.4% to
25% for the transportation of the doses measured or estimated in the reference cases.

Finally, the feasibility of the special arrangement transport for SGs in one piece that do not meet
international transportation regulations has been partly demonstrated in terms of both qualitative
and quantitative manners. It was shown that the PWR SG may satisfy all the quantitative criteria for
special arrangement transportation, while the assumed PHWR SG is unsuitable for inland waterway
transport and are even not applicable for special arrangement itself unless a further detailed evaluation
of the accidental intake of radionuclides is conducted.

The normalized general PDFs derived in this study can be used for the preliminary estimation of
radiological risk in each stage of the predisposal management of SGs. Furthermore, the comprehensive
safety assessment framework, together with the developed scenarios, can be used for a more detailed
assessment with site-specific data and conditions. It is expected that the radiological risk assessment
framework, together with the general PDFs developed in this study, may contribute to finding an
optimal management option for large components to be generated from the decommissioning of NPPs,
taking into account multiple attributes including both radiological and non-radiological factors.
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Abstract: Structural properties and water dissolution of six sodium–aluminum–phosphate (NAP)
glasses have been investigated before and after irradiation by a gamma-ray source based on 60Co.
Two of these samples were of simple composition, and four samples had a complex composition with
radionuclide simulants representing actinides, fission, and activated corrosion products. Samples of
the simple composition are fully vitreous, whereas samples of the complex composition contained up
to 10 vol.% of aluminum–phosphate, AlPO4, and traces of ruthenium dioxide, RuO2. Based on the
study of pristine and irradiated glasses, it was established that the radiation dose of 62 million Gray
had practically no effect on the phase composition and structure of samples. At the same time, the rate
of leaching of elements from the irradiated samples by water was decreased by about two times.

Keywords: highly radioactive waste; immobilization; matrix; sodium–aluminum–phosphate glass;
properties; irradiation; leaching resistance.

1. Introduction

Nuclear energy is an important source of electricity and a key component of low-carbon energy.
In 2018, 450 nuclear power reactors with a total installed capacity of 396 GW€ generated 10% of all
electricity in the world, including one-third of low-carbon power generation [1]. In OECD countries,
the USA, and Russia, 18–20% of electric energy is produced at nuclear power plants. In France,
the amount increased to over 70% [2]. Nuclear energy also has other applications—production of
isotopes for various purposes [3], heat generation, desalination, etc. Its negative side is associated with
the accumulation of spent nuclear fuel (SNF) and radioactive waste (RW). Up to 12,000 tons of SNF are
produced in the world each year, whereas a PWR-VVER type reactor generates annually 25–30 tons
of SNF [1,4]. By 2014, about 370,000 tons of SNF had already been produced, of which almost a
third was reprocessed [5]. A closed nuclear fuel cycle with SNF reprocessing is being implemented
in Russia, France, United Kingdom, China, whereas in Canada, Sweden and Finland, South Korea,
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Germany, and some other countries, the emphasis is on an open cycle with SNF disposal without
reprocessing [6–8].

The volumes of SNF and RW resulting from the SNF reprocessing will inevitably grow over
time [9]. The reprocessing is accompanied by the generation of liquid radioactive waste, including
high-level waste (HLW) in an amount of 13–31 m3 per ton of SNF [10]; after evaporation, its volume is
reduced to 250 L [3]. Liquid HLW are isolated in vitreous matrices: Sodium–aluminum–phosphate
(Na–Al–P) glasses in Russia [11–15], and alkali-borosilicate (A-B-Si) glasses elsewhere [16–24]. By 2013,
about 30,000 tons of vitrified HLW had been accumulated [6,8,25,26]. Taking into account the current
rates of SNF reprocessing and solidification of liquid HLW, at present, the total volume of nuclear
waste glass can be estimated as 35,000 tons with an approximate weight ratio between Na–Al–P and
A-B-Si glasses of 20% to 80%. SNF and RW management in Russia is described in national reports on
fulfilling obligations arising from the Joint Convention on the Safety of Spent Fuel and Radioactive
Waste Management [27–29]. For SNF reprocessing PUREX technology developed at the end of the
1940s in the USA to extract fissile Pu isotopes for military applications is used [30]. The amount of SNF
in the Russian Federation at the end of 2016 reached approximately 22500 tons, of which about 2/3
were from RBMK and 1/3 was from VVER reactors. The reprocessing of SNF of VVER-440, BN-600 and
research reactors is carried out at the RT-1 “Mayak” reprocessing plant; about 6000 tons of SNF have
been processed to date. Up to 200 tons of the SNF per year is reprocessed now. Recently reprocessing
SNF of VVER-1000 and defective SNF of RBMK-1000 have also been started at this plant. Federal State
Unitary Enterprise (FSUE) “MCC” has a facility for reprocessing of 5 tons VVER-1000 SNF per year
and in 2021 its second stage is expected to launch its productivity to 250 tons of SNF per year [29].
Given the import of SNF from Russian-designed reactors from abroad, the rate of accumulation of
spent nuclear fuel in Russia is much higher than the rate of reprocessing. However, according to the
planned upgrade of the reprocessing plants, it is assumed that by 2030 the rate of reprocessing of SNF
in Russia will exceed the rate of its formation. At the same time, this will greatly increase the volume
of vitrified HLW.

The composition of SNF depends on the type of reactor, the composition of the initial fuel,
its burnup and storage time [5,6,9]. Radionuclides in SNF are represented by fission products, actinides
(uranium and newly formed radioisotopes), activated elements of fuel assemblies and construction
materials involved [6,22,23]. The main fission products include rare earth elements (REE), Zr, Mo, Tc,
Ru, Pd, Cs, Sr, Rh, Te, Xe, Kr, I. Among them, REE accounts for 25 wt.%, Platinoids—16%, Zr—15%,
Mo—12%, Cs—6% [3]. After three years of storage of SNF with a burnup of 33 GWd/t (at 3.5% initial
enrichment of 235U), the content, in kg per ton of SNF, [23] is: alkalis (Cs, Rb)—3, alkaline earths (Sr,
Ba)—2.4, rare earths (mainly light, Ce groups)—10.2, transition 4d-metals (Mo, Zr, Tc)—7.7, noble
metals of the platinum group (Ru, Rh, Pd)—3.9, as well as 0.5 kg of Se and Te, 0.2 kg of I and Br; Ag,
Cd, Sn, Sb make another 0.1 kg. These proportions are largely inherited into liquid HLW after SNF
reprocessing [3,10,17], where various technological impurities are also present. In RW, in particular,
there are [23]—19 wt.% of transition metals (Mo, Zr, Tc, etc.), 18% of REE (La, Ce, Pr, Nd, Sm), 10%
alkaline (Gs, Rb) and alkaline-earth (Sr, Ba) elements, 7% platinoids (Ru, Rh, Pd), 2% of minor actinides
(Np, Am, Cm), up to 1% Se and Te, the remaining 43 wt.% on Fe, Ni, Cr, Na, P, and a number of less
significant elements.

Investigations are underway to support available vitrification technologies and develop improved
borosilicate and aluminum-iron phosphate glasses in order to prove the possibility of reliable
immobilization of HLW. The compositions of the modernized glasses differ from the traditional
ones in the ratio of the main components. They additionally include HLW components such as oxides
of Cs, Sr, Ba, Nd, Cr, Zr, Ru, and U. To determine the suitability of such glasses for immobilization
and disposal of HLW, it is necessary to study their thermal and radiation resistance and influence of
radiation on durability at interaction with water. There are many works on this topic for borosilicate
glass matrices, whereas for sodium–aluminum–phosphate glasses, such data are contained in very few
publications [11].
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The main dose rate from HLW is alpha, beta and gamma rays emitted from the decay of
fission products. To study the resistance of the glasses to gamma radiation, high activity 60Co
sources are used. In this paper, we studied the effect of γ-radiation on properties of nuclear waste
sodium–aluminum–phosphate (NAP) glasses—their structure and resistance to leaching in the water at
25 and 90 ◦C. Effects of irradiation on properties of NAP glasses of various compositions are compared
with previous studies reported in the literature. The aim of this work is to study the effect of radiation
(γ-irradiation from 60Co source) on the structure and properties of two groups of nuclear waste NAP
glasses. Samples of the first group—“simple composition”—comprise only principal components of
the glass matrix (oxides of Na, Al, Fe and P), serving as reference material. Glasses of the second
group—“complex composition”—contain simulants of HLW with respective changes in the content of
the major elements (Table 1).

Table 1. Compositions of the NAP glasses investigated, wt.% (SEM/EDS)*. NAPas0 (NAPcm0)—pristine
glass of simple and complex (in brackets) composition. NAPas1 (NAPcm, NAP1, NAP2)—the same
samples after gamma irradiation up to a dose of 6.2 × 107 Gy by 60Co source.

No. Na2O Al2O3 Fe2O3 P2O5 CaO NiO La2O3 Cr2O3 MnO RuO2 UO2

NAPas0 22.3 9.2 15.6 52.1 - - - - - - -
NAPas1 22.1 9.2 15.2 52.4 - - - - - - -
NAPcm0 26.2 15.6 1.3 53.4 0.9 0.4 0.3 0.3 0.3 0.5 * 1.4
NAPcm 26.4 14.4 1.3 54.2 0.9 0.3 0.5 0.4 0.2 0.5 * 1.3
NAP1 26.7 14.7 1.4 53.8 0.9 0.3 0.4 0.2 0.3 0.5 * 1.3
NAP2 24.9 16.2 1.5 53.6 0.9 0.4 0.4 0.4 0.4 0.5 * 1.2

Mayak 1 23.5 15.8 1.6 53.3 1.0 0.3 0.1 0.4 - - -

* 0.4–0.7 wt% of SiO2 and 0.4–0.5 wt.% K2O are also present in all samples. Dash—not added, the ruthenium content
in the samples according to SEM/EDS is below the detection limit (0.2 wt.%). The value of 0.5 wt.% is estimated
from the data on the area fraction of the RuO2 phase in SEM images, see text. 1 model composition of vitrified HLW
of FSUE “Mayak” [13]. Other elements, in wt.%: 0.5 Cs2O, 0.5 ZrO2, 0.6 Cе2О3, 0.5 Nd2O3, 0.5 MoO3, 0.4 SO2.

2. Materials and Methods

The NAP glasses studied in this work, potentially suitable for isolation of historical (legacy)
HLW of FSUE “Mayak”, were synthesized in corundum crucibles as follows. The glass batch mixture
was heated to 1100 ◦C at a rate of 10–30 ◦C/h; for complete homogenization, the melt was held for
2 hours and quenched. The glass was cooled in the isothermal annealing mode. The compositions of
glasses of simple and complex composition are summarized in Table 1. The composition of simulant
sodium–aluminum–phosphate glass of FSUE “Mayak” [13] is also presented. Glass samples (Figure 1)
are visually translucent, opaque, possess green or dark green color and a conchoidal fracture.

 
(NAPas0) 

 
(NAPas1) 

Figure 1. Cont.
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(NAPcm0) 

 
(NAPcm) 

 
(NAP1) 

 
(NAP2) 

Figure 1. Photos of samples investigated (monolithic and powdered for analysis): NAPas0, NAPas1,
NAPcm0—pristine, and NAPcm1, NAP1, NAP2—irradiated. The scale is in cm.

The radiation durability of HLW glasses is one of the important criteria for acceptability of
high-level radioactive waste for geological disposal (Class 1 in Russian classification, vitrified HLW
of FSUE “Mayak” and Mining and Chemical Combine). Radiation durability is the maximum dose
at which there is practically no change in the structure, chemical and mechanical strength of the
immobilized RW. For instance, after gamma irradiation with a dose of 108 Gy, the glass uniformity
should be maintained in the volume of the glass block as controlled by X-ray phase analysis, and changes
in the content of the main components in the glass composition should be less than 10% [31].

In order to verify compliance with regulatory requirements, the glass samples were irradiated
with a dose of 6.2 · 107 Gy, which is close to that specified by regulatory requirements [31], at the
RHM-gamma installation of FSUE “RADON”. The dose rate of irradiation was 1 · 104 Gy/h. No thermal
(overheating) effects were observed during or after irradiation. Analyses of both unirradiated (pristine)
and irradiated samples were performed on a GSM 5610LV scanning electron microscope (SEM)
equipped with energy dispersive (EDS) detector.

The phase composition of unirradiated and irradiated NAP glasses were studied by the
X-ray diffraction method, infrared and Raman spectroscopy and scanning electron microscopy.
X-ray diffraction measurements were performed in the Bragg—Brentano geometry (“reflection”) on an
EMPYREAN diffractometer using Ni filtered CuKα radiation. An X’Celerator linear semiconductor
detector was used. Samples were mechanically grounded and placed on a zero-background holder
made of single-crystal silicon. No binders were not used; the samples were wetted with ethanol
to prevent loss during the measurements. HighScore software and PDF2 database (International
diffraction data center, ICDD) were used for data analysis.

Raman spectra of the samples investigated were recorded on a Senterra (Bruker) spectrometer;
for excitation laser with a wavelength of 532 nm was used. Infrared spectra were obtained on a
SpectrumOne IR® spectrometer (Perkin Elmer). For some samples, spectra were also recorded using
an AutoImage IR microscope. To record the absorption spectra in the infrared region, the powders
were pressed into KBr tablets.

Chemical resistance of NAP glasses was analyzed using standard Russian test protocols [32,33].
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3. Structural Properties of the Glasses before and after Irradiation

3.1. SEM/EDS Data

Samples of simple composition (NAPas0, NAPas1) before and after irradiation are composed only
of the glassy phase, the composition of which does not change as a result of irradiation. According to
SEM/EDS analysis, they comprise (in descending order): P2O5, Na2O, Fe2O3, Al2O3, the amount of
SiO2 and K2O oxides is at the detection limit, that is, their presence in the samples shall be checked by
more accurate methods. Samples of NAPas0 and NAPas1 glasses are homogeneous with only vitreous
phase seen (Figure 2), whereas in samples of the complex composition (NAPcm0, NAPcm, NAP1,
and NAP2) in addition to glassy phase, there are crystalline phases: aluminum orthophosphate and
ruthenium dioxide (Figures 3 and 4).

 

(a) 
 

(b) 

Figure 2. SEM images of NAPas0 glasses: (a) Image showing the homogeneity of glass; (b) sections of
glass where the composition is analyzed (Table 2).

 
(a) 

 
(b) 

Figure 3. SEM images of the samples: (a) NAPas1 glass that is seen practically homogeneous; (b) NAPcm
glass with gray areas that belong to vitreous phase, dark gray—to aluminum orthophosphate (AlPO4,
phosphotridimite), and small white particles—to ruthenium dioxide, RuO2. These phases are confirmed
by joint data of SEM/EDS analysis and XRD investigation.

The compositions of the glassy phase of samples NAPas0 and NAPas1, measured in rectangular
areas like those, as shown in Figure 2, are given in Tables 2–4. The detection limit of elements
is 0.3–0.5 wt.% in light elements (Na, K, Al, Si) and 0.1–0.2 wt.% in heavy elements (Ru, Ln, U).
No ruthenium was detected in the glass matrix (its amount is below the detection limit, 0.2 wt.%).
Due to very low solubility in the glass [11,20], the main fraction of this element formed oxide precipitates.
These particles, as well as Mo-based grains, can merge into large aggregates and settle to the bottom of
the furnace, eventually leading to failure of the electrodes of the industrial vitrification furnace EP-500
at FSUE “Mayak”. They can also serve as centers for phosphate phases (monazite) crystallization in
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the glass matrix of HLW during storage and heating, due to the decay of short-lived radionuclides of
fission products (Cs, Sr, Ln, etc.).

 
(a) 

 
(b) 

Figure 4. SEM images of NAPcm0 glass: (a) AlPO4 grains are dark areas in the glass (grey color),
whereas white fine grains are ruthenium dioxide; (b) particles of RuO2 in the glass matrix confirmed by
joint data of SEM/EDS analysis. Scale bar is equal to 10 μm.

Table 2. Composition of NAPas0 glass (before irradiation), SEM-EDS data (Σ = 100 wt.%). The accuracy
of the determinations is 3–5 rel.%.

Oxide, wt.% Spectrum 9 Spectrum 10 Spectrum 11 Spectrum 12 Spectrum 13

Na2O 22.3 22.4 22.4 22.3 22.6
Al2O3 9.2 9.5 9.2 9.4 9.2
SiO2 0.4 0.4 0.4 0.4 0.4
P2O5 52.1 51.8 51.7 51.9 51.7
K2O 0.5 0.5 0.5 0.5 0.5

Fe2O3 15.6 15.4 15.8 15.5 15.7

Table 3. Composition of NAPas1 glass (after irradiation), SEM-EDS data (Σ = 100 wt.%).

Oxide, wt.% Spectrum 1 Spectrum 2 Spectrum 3 Spectrum 5 Spectrum 6

Na2O 22.1 22.4 22.4 22.3 22.8
Al2O3 9.2 9.4 9.3 9.3 9.3
SiO2 0.7 1.2 0.3 0.4 0.2
P2O5 52.4 51.8 51.8 51.9 51.5
K2O 0.5 0.4 0.5 0.5 0.6

Fe2O3 15.2 14.8 15.7 15.7 15.6

Table 4. Composition of NAPcm0 glass (before irradiation), SEM-EDS data (Σ = 100 wt.%).

Oxide, wt.% Spectrum 15 Spectrum 16 Spectrum 17 Spectrum 18 Spectrum 19

Na2O 26.2 26.7 26.1 26.7 26.7
Al2O3 15.6 15.0 15.2 15.1 14.9
SiO2 bdl * bdl bdl 0.3 bdl
P2O5 53.4 53.7 53.9 53.4 53.2
CaO 0.9 0.9 0.8 1.0 1.1

Cr2O3 0.3 0.2 0.3 0.4 0.3
MnO 0.3 0.4 0.3 0.4 0.3
Fe2O3 1.3 1.2 1.2 1.2 1.4
NiO 0.4 0.4 0.4 0.4 0.4

La2O3 0.3 0.3 0.5 0.3 0.6
UO2 1.4 1.2 1.3 1.0 1.1

* bdlbelow detection limit (0.3 wt.%).
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The composition of aluminum orthophosphate phase in the initial (unirradiated) glass NAPcm0,
as shown in Figure 4a, is given in Table 5.

Table 5. Composition of orthophosphate phase particles in NAPcm0 glass (before irradiation).

Oxide, wt.% Spectrum 20 Spectrum 21 Spectrum 22 Spectrum 23 Spectrum 24

Na2O 0.4 0.3 0.2 0.2 0.4
Al2O3 41.8 41.4 42.1 42.0 41.5
P2O5 57.4 58.2 57.5 57.8 57.8
Fe2O3 0.3 0.2 0.2 0.0 0.3

On the EDS spectra of ruthenium-rich particles (Figure 4b), low-intensity peaks of other elements
of—C, Na, Al, P—are observed. Carbon is associated with its deliberate deposition on the surface of
samples for analysis, whereas the presence of other elements is associated with a partial capture of
the surrounding glass matrix by the electron beam. Oxygen is a component of these particles; that is,
the ruthenium phase is represented by its oxide. This conclusion is confirmed by the XRD results.
SEM investigations have not revealed any structural (Figure 5) and compositional (Table 6) difference
between unirradiated and irradiated glasses.

 
(a) 

 
(b) 

Figure 5. SEM images of the irradiated NAP1 and NAP2 glasses: (a) NAP1 glass, where gray—glass,
dark—AlPO4 (phosphotridimite), small white particles—ruthenium dioxide; (b) NAP2 glass with
white colored RuO2 particles in gray glass. Rectangles indicate measurements areas.

Table 6. Compositions of irradiated NAP1 (Spectra 27–31) and NAP2 (Spectra 55–58) glasses, SEM/EDS
data (Σ. = 100 wt.%).

Oxide, wt.% Sp. 27 Sp. 28 Sp. 29 Sp. 30 Sp. 31 Sp. 55 Sp. 56 Sp. 57 Sp. 58

Na2O 26.7 26.8 26.7 26.9 26.5 24.9 25.2 25.0 24.9
Al2O3 14.7 14.8 14.9 14.6 14.9 16.2 16.7 16.0 16.5
P2O5 53.8 53.7 53.9 53.4 53.2 53.2 53.2 53.2 53.2
CaO 0.9 0.9 0.9 0.9 0.9 0.9 0.9 0.9 1.0

Cr2O3 0.2 0.4 0.4 0.3 0.3 0.4 0.3 0.4 0.3
MnO 0.3 0.3 0.3 0.2 0.3 0.4 0.3 0.3 0.3
Fe2O3 1.4 1.3 1.2 1.5 1.2 1.5 1.4 1.5 1.2
NiO 0.3 0.3 0.3 0.5 0.4 0.4 0.4 0.4 0.5

La2O3 0.4 0.7 0.6 0.5 0.5 0.4 0.5 0.2 0.5
UO2 1.3 1.3 1.3 0.9 1.4 1.2 1.4 1.3 1.2

Thus, the main difference in the structure of the initial (unirradiated) glasses of simple (NAPas0)
and modified (NAPcm0) compositions is that the latter, in addition to the glass matrix, contains
crystalline phases: aluminum–phosphate and ruthenium–oxide. The crystalline phases are clearly
visible on the cleaved surface of the glass.

185



Sustainability 2020, 12, 4137

According to SEM studies, both samples of simple composition—pristine (NAPas0) and irradiated
(NAPas1) are composed of homogeneous glass phase only. The modified compositions are characterized
by the appearance of a small amount (<10 vol.%) of two crystalline phases—phosphotridmite (dominant)
and ruthenium dioxide. The appearance of the latter is due to the extremely low solubility of this element
in the studied aluminum–phosphate glass. The study of the evolution of the molten ternary system
Na2O–Al2O3–P2O5 on cooling [34] showed the possibility of the formation of several polymorphs of
the AlPO4 phase with different structures: P-cristobalite, P-tridimite, berlinite. Crystallization of AlPO4

can begin in the melt in the furnace with a Na2O content of less than 5 mol% and then continue when
the melt (glass) cools down after pouring into canisters. In general, phosphotridimite and alkaline
aluminum (iron) phosphates are typical products arising from the partial or complete crystallization
of phosphate glass matrices [35–45]. At high contents of light rare earths (the Ce group), lanthanide
phosphate with the structure of monazite appears, REE solubility in the aluminum–phosphate melt is
determined as few wt.% [11,42,43].

Differences in the structure of irradiated (NAPas1, NAPcm) and unirradiated (NAPas0, NAPcm0)
glasses of the same composition were not observed by scanning electron microscopy. The appearance
of aluminum–phosphate and RuO2 is also characteristic of these glasses of the complex composition,
both pristine (initial) and irradiated as well.

3.2. X-ray Diffraction

Despite adequate measurements duration and averaging over two or more independent
experiments, the signal-to-noise ratio for most samples is relatively poor, which is explained by
the small volume fraction of crystalline phases. High background signal level increasing with the
diffraction angle is due to fluorescence of the iron admixture.

From the XRD data, the samples studied can be confidently divided into two groups. The first
group includes glasses of simple composition—NAPas0 and NAPas1, in which no crystalline phases are
observed. There is no noticeable difference between the irradiated and initial samples. All other samples
with complex composition contain both an amorphous component (glass) and crystalline phases.
Composition of the crystalline phases is the same for all studied samples (Figure 6). The predominant
phase is orthorhombic AlPO4 (phosphotridimite) (ICDD card 00-048-0652); the second crystalline
phase is ruthenium oxide (RuO2) (card 01-070-2662).

 

Figure 6. XRD patterns of samples: (a) With a simple composition (AS0—initial, AS1—after irradiation);
(b) with a complex composition (CM0—initial, CM1—irradiated); (c) No1 and No2—irradiated).

In general, according to the XRD data, no significant differences between glasses of the same
composition before and after irradiation were revealed.
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3.3. Raman and Infrared Spectroscopy

Both Raman and infrared spectra have revealed no differences between the spectra obtained on
nonirradiated and irradiated samples, which indirectly indicates sufficiently high radiation stability of
the material. Details are given in Appendix A.

4. Leaching and Dissolution

4.1. Hydrolytic Durability

Hydrolytic stability of aluminum–phosphate glass matrices was reported in References [11,44–47].
However, very few publications are devoted to the effect of self-irradiation of the glasses on structure
and properties [11]. Therefore, analysis of the effect of irradiation on the leaching of glass matrices is
the most important part of this work. To assess the chemical (hydrolytic) stability of glasses of different
compositions, leaching experiments were performed. The leaching of glass samples (NAPas0, NAPas1,
NAPcm0, NAPcm1, NAP1 and NAP2) was carried out in the water in autoclaves at 90◦C; the solution
was changed after 1, 3, 7, 10, 14, 21, and 28 days. Besides, similar leaching tests were carried out for
samples NAPcm0 and NAPcm1 at 25◦C. Due to the small amount of material and difficulties in the
preparation of monolithic cubic or parallelepiped specimen, the samples were crushed. The particle
size fraction in each sample was selected using sieves with mesh sizes of 0.16 mm and 0.071 mm.
From average particles size, the surface area of the powdered glass (S) in runs was estimated to be
200 cm2.

Analysis of solutions after experiments on interaction with glass was carried out by inductively
coupled plasma mass spectrometry on an X-Series instrument at the GEOKHI RAS (Vernadsky Institute
of Geochemistry and Analytical Chemistry of Russian Academуof Sciences).

Let us denote the time at which the water was replaced (and the aliquot of the solution for analysis
was taken) as {ti, i = 1, ..., 7}; t0 = 0. Then, for the time interval between ti−1 and ti, the differential
dissolution rate of the glass, normalized by one of its main structural elements, is determined as

JEl =
CElV

S(ti − ti−1)mEl
, (1)

where CEl is the concentration of the glass element, which determines the normalized dissolution rate;
V is the volume of the autoclave; S is the total surface area of the particles, mEl is the mass fraction of
the element El in the glass. Since JEl is the average value of the normalized dissolution rate in the time
interval between ti−1 and ti, when determining the function JEl(t), it is approximately attributed to the
middle of this interval, i.e., at time τi = (ti−1 + ti)/2, since the smooth function is assumed.

Data on integral dissolution rates of the glasses investigated are presented in Appendix B. A typical
dependence of the normalized dissolution rate of glasses on time is shown in Figure 7.

In general, all values of JEl decrease with time, which is consistent with the simplest diffusion
models for the advancement of the leach front. However, at τi = 8.5 days, a local maximum occurs.
Such jumps in JEl values were noted in many studies on the leaching of borosilicate glasses [26,48–52];
they are termed as leaching resumption stage. The presence of these events is typically explained by
redeposition of sparingly soluble matrix components as secondary phases. The formation of these
phases circumvents the protective effect of the altered glass layer, which acts as a barrier against
leaching [53,54]. However, this explanation cannot be considered exhaustive, since in many works,
the effect of leaching recovery was not observed, although secondary phases were also deposited on
the glass surface. An alternative explanation is the formation of micro-cracks on glass surface [26].
In the case of investigated NAP glasses, the presence of the local maximum is neither an artifact nor a
random deviation, as proved by maxima of JEl(t) in experiments with other glasses (Figure 8).
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Figure 7. Time dependences of normalized dissolution rate of irradiated glass NAPcm at 90 ◦C.
An approximation of time dependence of dissolution rate normalized by phosphorus by power function
0.489 · 10−4/t0.61 (values of parameters of the power function were obtained from least-squares fit) is
shown by the dashed purple line.

In all the samples studied the mass fraction of phosphorus is approximately the same. In addition
to the presence of modifiers in samples NAPcm, NAPcm0, NAP1 and NAP2, significant differences of
these four types of glasses from samples NAPas0 and NAPas1 relate only to the ratio of mass fractions
of sodium and aluminum. Analysis of values of JEl (t) in these two groups of glasses shows that
glasses with a higher mass content of aluminum dissolve more slowly in water, i.e., have smaller JEl(t)
(Figure 8).

 

Figure 8. Dependences JEl(t) for the pristine (unirradiated) glasses with high (NAPas0) and low
(NAPcm0) values of the ratios of the mass fractions of sodium and aluminum in the glass composition.
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Analysis of JEl(t) over the entire range of time values shows that for all t, the ratio JEl(t) for sample
NAPas1 and samples NAPcm, NAPcm0, NAP1, and NAP2 for all elements for which the normalized
dissolution rate was calculated, has close values apart from the unreliable value of JEl(t) for NAPcm0.
The dependence of JEl(t) on the ratio of sodium and aluminum in phosphate glasses has the form

JEl(t) = J0
El(t)f(mNa/mAl), (2)

where J0
El(t) is a function that does not depend on the ratio mNa, mAl, e.g., mass fractions of sodium

and aluminum in glasses.
Dependences JEl(t) are satisfactorily approximated by power functions of the form (see Figure 7):

JEl(t) =
A

t0.6 , (3)

where A is a coefficient depending on a certain element by which the normalized dissolution rate
of the glass is calculated, and on the ratio of the mass fractions of sodium and aluminum in the
glass composition. Values of normalized dissolution rates calculated for different elements satisfy the
inequalities:

JAl(t) < JP(t) < JNa(t). (4)

This seems to be well justified: Sodium passes into solution more easily than phosphorus, and that,
in turn, is easier leached compared to aluminum. If values of JNa(t) are used in the estimate of the safety
of repositories to calculate leaching rates, then this estimate will be conservative (i.e., pessimistic).
In this regard, it seems appropriate to find such a form of the analytic function Jappr

Na (t) that approximates
with satisfactory accuracy (with the mean-squared error of about 30%) the dependences obtained from
experiments in the entire range of ratios mNa and mAl studied. Accounting for Equation (2), we seek
this analytical approximating dependence in the form

Jcalc
Na (t, mNa/mAl, a, b) =

a
t0.6 exp

{
b(mNa/mAl − 2.5)

}
, (5)

where a, b are unknown parameters that we will determine by the least-squares method [55] from
the condition

Φ(a, b) =
∑

mNa/mAl

5∑
n=1

[
Jcalc
Na (tn, mNa/mAl, a, b)/Jexper

Na (tn, mNa/mAl) − 1
]2 → min (6)

The procedure for finding the minimum of the function Φ was carried out by the gradient method
with the control of convergence as follows [53]. The initial approximation was set: a0 = 9 · 10−5, b0 = 0.8
Then, with the known n-th approximation—an, bn—the (n+1)-th approximation was determined by
the formulae

an+1 = an − ∂Φ∂a δn, bn+1 = bn − ∂Φ∂b δn (7)

Here we have
δn =

1
2m min

{ |an|
|∂Φ/∂a| ,

|bn|
|∂Φ/∂b|

}
(8)

where m is the minimum positive integer under which the condition for convergence of the method
is satisfied:

Φ(an+1, bn+1) < Φ(an, bn) (9)
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The minimum function Φ (a,b) found in this way from the data on the leaching rate of Al is
reached at a = 1.183·10−4, b = 0.75. Therefore, if we substitute these values of the parameters into
dependence (5), it will have the form

Jcalc
Na (t, mNa/mAl, a, b) =

0.0001183
t0.6 FNa,Al (10)

where [JNa] = g/cm2 · day, [t] = day, FNa,Al = exp{0.75mNa/mAl − 1.875}. The calculated dependence (9)
is compared with the experimental data on the leaching of glasses (Figure 9) and shows a satisfactory
accuracy of the approximation of experimental data by power functions.

The temperature has a significant effect on the leaching of sodium–aluminum–phosphate
glasses [54]. A comparison of the JEl(t) dependences obtained on the NAPcm0 sample in experiments
at 90 ◦C and 25 ◦C for different structural elements of glass is shown in Figure 10.

The dependence of leaching rates on temperature, as well as the intensity of many chemical
reactions, can be described by the Arrhenius formula:

JEl(T) = J· exp
{
− Ea

RT

}
, (11)

where Ea is the activation energy, and R is the gas constant (R = 8.3 J/(mol · K)).
As noted above the final portion of JEl(t) dependences of NAPcm0 can be ignored. Thus,

for calculating the JEl(t) ratios at different temperatures, only two time points remain, e.g., 5 and
8.5 days. The values of the relations JEl(t) at different temperatures T at these points are given in Table 7.

Figure 9. Comparison of the calculated approximating line by Equation (9) and experimental data
of glasses studied in this work. (1) 1.183·10−4/t0.6, (2) NAPas0, (3) NAPcm0, (4) NAPcm1, (5) NAP1,
(6) NAP2.
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Figure 10. Normalized leaching rates of glass NAPcm0 at 25 ◦C (dashed lines) and 90 ◦C (solid lines).

Table 7. JEl(t) ratios at temperatures of 90 ◦C and 25 ◦C for NAPcm0 glass.

Element t = 5 Days t = 8.5 Days

Al 4.07 3.30
Na 3.51 4.50
P 3.12 3.23

The average value over Table 7 is 3.62. Then we get from expression (11) ln 3.62 = Ea
R

(
− 1

363 + 1
298

)
,

therefore for glass NAPcm0 we obtain Ea = 17.7 кJ/(mol · К). In a similar manner, we consider the
JEl(t) ratios at temperatures of 90 ◦C and 25 ◦C of NAPcm1 glass. These data are given in Table 8.
The average over Table 8 value of the ratio of leaching rates at 90 ◦C and 25 ◦C, in this case, is 3.92.
Hence, the activation energy of dissolution of glass NAPcm1 is Ea = 18.9 kJ/(mol · K). This value is close
to the previously calculated value of 17.7 kJ/(mol · K) for NAPcm0, which supports the correctness of
the results. Note, however, that these activation energies are significantly lower compared with those
in borosilicate nuclear waste glasses, which are more durable in water [56].

Table 8. JEl(t) ratios at temperatures of 90 ◦C and 25 ◦C for NAPcm1 glass.

Element t = 5 Days t = 8.5 Days t = 12 Days

Al 4.83 4.85 5.04
Na 3.80 3.75 3.28
P 3.35 3.06 3.30

4.2. Effect of γ-Radiation on Dissolution of Glass

Effects of irradiation of glasses on their dissolution behavior remain insufficiently studied,
but recent works on International Simple (borosilicate) Glass showed that it is indeed necessary to take
into account radiation damage effects in the prediction of water-glass interaction in HLW repository [57].
The absolute majority of irradiation experiments employ much higher dose rates than is expected in
real HLW. Whereas, the dose-rate effect is difficult to estimate consistently, one can reasonably expect
that higher rates may alter the mechanism of radiation damage (e.g., cascade overlap vs. defects
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accumulation) and influence recovery kinetics. Presumably, in most cases, the influence of high dose
rates on dissolution in irradiation experiments will be larger than in real HLW glasses.

Only very few studies addressed the effects of irradiation on properties of aluminum–phosphate
glasses. In Reference [58] it was shown that during electron irradiation of aluminum–phosphate glass
gas bubbles were formed even at low doses (0.8 · 1023 electrons/m2). As the absorbed dose increases,
the bubbles grow, and they move towards the glass surface. At a dose of 2.2 · 1026 electrons/m2

(6.6 · 1011 Gy) all bubbles leave the glass sample. With further exposure of the glass to a dose of
4.5 · 1026 electrons/m2, areas enriched in Al and P appeared. Sodium–aluminum–phosphate glasses
were irradiated to a dose of 108 Gy (electrons and γ-photons), and up to 2 · 1018 α-decays/cm3 [11].
These values are close to the radiation dose that real vitrified HLW will receive in 10,000 years. Study of
the irradiated glass samples by X-ray diffraction analysis, nuclear magnetic resonance and electron
paramagnetic resonance, showed absence of changes in the matrix structure [11]. It was also found
that in experiments lasting one day, the rate of Na leaching at room temperature increases with the rise
of radiation dose up to 108 Gy, but its value remains constant or slightly decreases after 30 days of
interaction, amounting to 4 · 10−7 g/(cm2·day). The damage during gamma-irradiation is mostly due to
Compton electrons, thus, the studies employing electrons mentioned above are fully relevant.

A comparison of data on the dissolution of NAPas0 and NAPas1 glass samples is shown in
Figure 11. On a logarithmic scale, the dependency graphs JEl(t) for the same structural elements
obtained on samples NAPas0 and NAPasa1 run approximately parallel to each other. This suggests
that over the entire time range, the ratio JEl(t) obtained for the initial and irradiated glasses remains
roughly the same. The ratios of values of JEl(t) obtained on samples of the pristine NAPas0 and
irradiated NAPas1 glasses at 90 ◦C are given in Table 9. The average value over the whole table is 2.03;
the data of Tables 8 and 9 compared in Figure 11.

 

Figure 11. Comparison of the normalized dissolution rates of unirradiated glass NAPas0 (solid lines)
with irradiated glass NAPas1 (dashed lines) at 90 ◦C.
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Table 9. Ratios of dissolution rates JEl(t) of nonirradiated NAPas0 and irradiated NAPas1 glasses.

Element t = 0.5 Days t =2 Days t = 5 Days t = 8.5 Days t = 12 Days

Al 1.98 2.51 1.63 1.64 1.44
Na 1.51 2.41 1.98 2.48 2.22
P 1.74 2.41 1.98 2.51 2.08

Figure 12 shows that the JEl/JEl0 ratios obtained on samples NAPas0 and NAPas1 remain close to
2 through the entire studied range of duration of runs.

 

Figure 12. Time dependence of ratios JEl/JEl0 obtained on samples NAPas0 and NAPas1.

Thus, as a result of γ-irradiation, the leaching rate of the sodium–aluminum–phosphate glass has
averagely decreased by about 2 times. This can be caused by undetectable structural changes such as
radiation-induced annealing that occurs in some other type of glasses [22]. Much higher effect on the
deterioration of properties of the aluminum–phosphate vitreous waste form, including their solubility
in hot water, is observed due to glass crystallization in temporary storage and after ultimate disposal
in deep underground repository [11,14,15,36–40,43–45].

5. Conclusions

Six samples of glasses used in Russia for HLW immobilization were investigated before and
after irradiation. The studied sodium–aluminum–phosphate glasses studied are divided into two
compositional groups: Group 1—samples NAPas0 and NAPas1, which are glasses of simple
composition (i.e., only principal oxides); group 2—samples NAPcm0, NAPcm, NAP1, NAP2—glasses
of a modified composition with additives of radionuclide simulants. Each group contains one
unirradiated sample and the same samples after their irradiation to a dose of 62 MGy at the gamma
source of FSUE RADON.

Using SEM/EDS, XRD, Raman, and infrared spectroscopy, it was established that samples of
the simple composition of group 1 are composed only of the glass matrix. In samples of group 2,
in addition to dominating glass matrix, precipitates of the crystalline phases (up to 10 vol.%) of
aluminum–phosphate, and a small amount (a fraction of vol.%) of ruthenium dioxide are observed.
Dissolution behavior of glasses was analyzed at 25 and 90 ◦C. According to the results of comparison of
pristine and irradiated glasses, it was found that irradiation with a dose of 6.2 · 107 Gy had practically
no important effect on the structure and composition of samples. Simultaneously, it was found that the
rate of leaching of elements from irradiated samples decreased by approximately two times.
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Appendix A. Raman and Infrared Spectra of Sodium–Aluminum–Phosphate Glasses Investigated

Appendix A.1. Raman Spectroscopy

Raman spectra are shown in Figure A1. The measurements were performed in quasi-backscattering
geometry without sample preparation on macroscopic glass samples. The size of the laser spot on the
sample was 2–3 micrometers.

Figure A1. Raman spectra of the initial and irradiated samples: (A) With a simple composition
(AS0—initial, AS1—after irradiation); (B) with a complex composition (CM0—initial, CM1—irradiated);
(C) No1 and No2)irradiated).

The spectra contain bands because of the vibrations of the aluminum–phosphate groups.
Narrow peaks due to crystalline phases are observed in many spectra, but their amount is small.
There is no difference between the spectra obtained in these measurements, which indirectly indicates
sufficiently high radiation stability of the material.

Appendix A.2. Infrared Spectroscopy

Infrared spectra of samples are shown in Figure 8. The rise in the background with increasing
wave number is due to light scattering by glass particles in the salt matrix. As for the Raman spectra,
vibrational bands of Al–P groups are observed at the IR spectra of the glasses. The data obtained allow
us to conclude that difference between the initial and irradiated glasses is not observed (Figure A2).
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Figure A2. Infrared absorption spectra: (A) NAPas0—AS0 initial, AS1 after irradiation;
(B) NAPcm0—CM0 initial and NAPcm1 (CM1)—irradiated; (C) NAP1 (No1) and NAP2
(No2)—irradiated. The narrow peak at 1384 cm−1 is due to KBr matrix.

Appendix B. Integral Dissolution Rates of Sodium–Aluminum–Phosphate Glasses Investigated

Table A1 presents the integral leaching rate (LR) of elements from samples NAPas0, NAPas1,
NAPcm0, NAPcm, NAPcm1, NAP1, and NAP2. LR for contents below the detection limit were
calculated for a value equal to the detection limit (Table A2). Ru was not detected.
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Table A2. The limits of detection of elements by ICP-AS and ICP-MS, in mg/kg of water (10−4 wt.%).

Al Ca Cr Fe La Mn Na Ni P Ru U

0.01 0.01 0.001 0.01 0.001 0.001 0.01 0.001 0.02 0.05 0.05
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Abstract: The application of geopolymers for the safe management of radioactive waste has not been
implemented on a large scale, where they are tirelessly examined with the purpose of facilitating the
practicality and feasibility of the actual application towards the sustainable performance of these
materials. This review therefore compiles the findings of the utilization of geopolymers as sorbents
for removal of radio-contaminants from aqueous waste streams and as immobilization matrices
for the containment of different radioactive wastes. The investigated geopolymer base materials
encompass a wide range of reactive aluminosilicate precursor sources that include natural materials,
industrial wastes, and chemicals. This work introduces to the reader the scientific interest in the field
of geopolymer studies, their sustainability analysis, and their application in the nuclear industry,
in particular in radioactive waste treatment and immobilization. The geopolymer classification,
radiation stability, and structural characterizations were summarized with special reference to the
characterization of the structure alteration due to the inclusion of functional materials or radioactive
wastes. The effect of the application of metakaolin-based materials, fly ash-based materials and
other base materials, and their blend on radio-contaminant removal from aqueous solutions and
the immobilization of different problematic radioactive waste streams were reviewed and analyzed
to identify the gaps in the sustainable performance of these materials. Finally, perspectives on
geopolymer sustainability are presented, and the identified gaps in sustainable application included
the need to investigate new areas of application, e.g., in pretreatment and membrane separation. The
reusability and the regeneration of the geopolymer sorbents/exchangers need to be addressed to
reduce the material footprints of this application. Moreover, there is a need to develop durability
tests and standards based on the record of the application of the geopolymers.

Keywords: geopolymers; radioactive waste; sorbent; immobilization matrices; performance measures

1. Introduction

In nuclear industry, large quantities of radioactive effluents are generated by nuclear
power plants [1], hospitals and medical and research laboratories [2], as well as nuclear
accidents [2,3].The volumes of the stored effluents are dependent on the size and nature of
the national nuclear program, which was reported to fall in the range of few tens to ten
of thousands of cubic meters [4]. The main contaminants of concerns in these effluents
include, 3H, 60Co, 85Kr, 131I, 133Xe, 134Cs, 137Cs and 90Sr [1].These radioactive effluents
need to be managed safely to ensure the protection of human health and to minimize their
environmental impacts. The radiological, chemical, physical, and biological characteris-
tics of these effluents are dependent on the generating process, and these characteristics
determine the selected waste treatment route that usually necessitates the use of combined
treatment technologies. Various chemical treatment technologies are widely employed to
reduce the volume of these effluents. Examples of these technologies include membrane
separation [5,6], coagulation [7], electrochemical precipitation [8–11], and sorption/ion
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exchange [12–14]. After the treatment, the treated effluents are discharged or reused accord-
ing to the adopted procedure at the treatment facility and the exhausted materials and/or
produced sludge are managed as radioactive wastes. Among these technologies, sorp-
tion/ion exchange is more common and widely used. The studies in this field are directed
to develop assorted sorbent materials such as modified clay [15], zeolite [16], synthetic
polymer [17], cellulose [18], and geopolymer [19–28] to ensure the effective removal of
radionuclides from aqueous solutions. In addition to these effluents, organic liquid wastes
are generated due to the operation of nuclear fuel cycle and some medical research facilities
and research laboratories. The volumes of these organic liquid wastes are relatively small
compared to those of the effluents [29]. These wastes have varying radiological, biological,
and chemical characteristics and require special treatment that includes the application
of non-destructive, direct immobilization or destructive methods, refs. [29–33]. In non-
destructive treatment, the organic content remains intact, and physical changes in the
waste properties are targeted. Absorption is widely applied as a non-destructive method
to treat spent lubricants and solvents; this process does not aim to reduce the volume of
the wastes, but it aims to improve the subsequent immobilization practice [30,31]. Drying
and evaporation are non-destructive methods that are applied to reduce the volume of
the generated organic solvents, and the resultant concentrates are managed as radioactive
wastes. Direct immobilization is used to manage the spent ion-exchangers and organic
liquids [30,31,33]. Finally, the destructive treatment of the organic wastes involves chemical
changes in the waste that leads to considerable volume reduction in comparison with the
previously mentioned methods. These methods include thermal, chemical, and biological
treatments; the first, e.g., incineration and plasma treatment, are employed to treat spent
solvents and lubricants. The ashes produced from these methods are sent for immobiliza-
tion, and the off-gases are treated [29–31]. The chemical and biological treatments are also
applied for the treatment of the organic liquid wastes, and the resultant sludge is managed
as radioactive wastes, and the off gases are treated [29–31].

After treatment, hazardous wastes, including radioactive wastes, are recommended to
be immobilized in a suitable matrix to ensure their containment [34].This method involves
confining the radioactive waste within a binder material to produce a stable wasteform that
complies with specified requirements on their durability. The wasteforms can effectively
reduce the mobility of radionuclides by physical encapsulation, sorption, or chemical inter-
action processes [35]. At present, the immobilization of different radioactive wastes has
been achieved using several types of binders, including ceramics [36–39], glasses [40,41],
conventional and innovative cement-based materials [31–33,42–63], bitumens [64,65], and
polymers [66,67]. Ceramic wasteforms include variable chemical structures, e.g., simple
oxides with a fluorite structure; complex oxides; simple silicates; and silicate, phosphate,
and aluminate frameworks [36]. They are used to immobilize nuclear wastes. Phosphate
and borosilicate glasses are widely employed to immobilize nuclear wastes, and in some
cases, they were applied to low- and intermediate-level radioactive waste immobiliza-
tion [39,40]. Conventional cement-based wasteforms relied on the use of ordinary Portland
cement (OPC), with or without additives, as an immobilization matrix, whereas the in-
novative cements include calcium aluminate cements (CAC), calcium sulfo-aluminate
cements (CSAC), magnesium phosphate cements (MPC), and alkali-activated cements
(AAC) [31,32]. Cement-based wasteforms are widely used to immobilize different types of
low- and intermediate-level radioactive wastes. Bitumens and polymers have been used
as immobilizing media for the encapsulation of low- and intermediate-level radioactive
wastes; they can be optimized to allow high waste loading and good retention characteris-
tics [31,42].

Geopolymers are inorganic materials that are produced by low-temperature poly-
merization of an aluminosilicate precursor in an alkaline solution [68]. It was known as
soil cement, inorganic polymer, then was named as geopolymer by Joseph Davidovits
in 1978 [31]. This relatively innovative class of materials received wide scientific interest
to develop various applications in a vast array of industrial sectors. This interest has
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tremendously increased within the last decade; an unrestricted analysis of Scopus database
using the keyword “Geopolymer” was recently conducted on 8 October 2022, showing that
there were39,115 published items in that database; nearly two thirds of these works were
published in the prior 4 years (Figure 1a). According to the analysis of the data, review
papers published in this field represents only 5.98% of the published work. Geopolymers
find their applications as civil engineering materials [69], insulation materials [70], coating
materials [71], ceramic materials [72], fire-resistance materials [73], catalysts [74], municipal-
waste immobilization matrix [75], etc. These applications are supported by the reduced
environmental impacts of these materials compared to conventional cement-based materi-
als in terms of reduced energy consumption and CO2 emissions. In addition, the economy
of a geopolymer prepared from waste materials supports the transition from a linear to a
circular economy. Subsequently, the sustainability of these materials received considerable
scientific attention. Figure 1b illustrates the increasing scientific interest in addressing
the sustainability of the geopolymer materials that represents nearly 19.11% of the total
research in geopolymer. Most of the published works are research papers that represent
the main contributing publication type for evaluating the geopolymers and their sustain-
ability (Figure 1c,d). The review papers have increased contributions to the “geopolymer
sustainability” publications compared to that of the “geopolymer” publications.

Figure 1. Bibliometric data analysis (a,b) number of annual scientific publications, (c,d) relative con-
tribution of the research and review papers to the total published items that addressed geopolymers
and geopolymer sustainability, respectively.

In the radioactive-waste-management field, geopolymers have also attracted consider-
able attention for their applications in the treatment and immobilization of these wastes.
This is due to their many advantages, including low cost and simple preparation process,
as well as good mechanical properties and thermal and chemical stability. By analyzing the
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bibliometric data in Scopus database, there are 4460 publications that motioned the word
“Geopolymer” AND “Nuclear”. Figure 2a (insert) shows the annual distribution of the
published work that included both words in comparison with that related to “geopolymers”
over that last decade. Both publication fields have exponential growing trends with a
relatively higher exponential constant for the general field. The number of the publications
that mentioned “Removal” was lower than those mentioned “Immobilization” until 2018,
then this trend was reversed. The publications that mentioned “Nuclear” represent nearly
11% of the total geopolymers publications (Figure 2b). Overall of the analyzed data, there
is a fairly equal contribution from the publications that mentioned “Removal” and “Immo-
bilization” and from the total publications that motioned “Geopolymer” And “Nuclear”
(Figure 2c). The addition of the word “Sustainability” reduces the numbers of the published
work by nearly 15%, with a noted exponential increasing trend and with no clear pattern
on the relative contribution of “Removal” and “Immobilization” to the annual published
items (Figure 2d).

Figure 2. Bibliometric data analysis for publications that mentioned a combination of the words
geopolymer, nuclear, removal, and immobilization. (a) Annual distribution during the last decade.
(b) Relative contribution of “Geopolymer” and “Nuclear” to the geopolymer publications. (c) Relative
contribution of the paper type to the total published work on nuclear and geopolymers. (d) Annual
distribution of the papers that addressed the sustainability in this field.
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The development of geopolymers for various applications has been widely reported
in literature, and several comprehensive reviews have been published recently. Recent
review papers were directed to assess the geopolymer synthesis, applications, and chal-
lenges, but only one addressed the sustainability of the geopolymer in environmental
remediation [76–82]. Of these review papers, four papers were directed to cover the use of
geopolymer in water and wastewater treatment [76,78–80]. Review papers that addressed
the application of geopolymer materials in immobilization covered both the solidifica-
tion/stabilization and removal applications for heavy metal [83–89], whereas only two
review articles addressed it in the context of radioactive wastes [87,89], and one addressed
the immobilization of organic liquid wastes in general [90]. However, none of these reviews
was directed at discussing the integrated applications of geopolymers in radioactive waste
management from the sustainability point of view. Thus, the objective of this paper is to
compile and review various geopolymers, aiming to identify the gaps in the current knowl-
edge about the sustainable performance of these materials. In particular, gaps towards the
large-scale application of these materials as sorbents and gaps in identifying the factors
that affect the durability of the geopolymer immobilization matrices will be addressed. In
addition, areas that have not been addressed in radioactive waste management will be
identified with reference to similar applications in the non-nuclear wastewater treatment
field. In this context, the classification of geopolymers, their radiation stability, and their
structure characterizations will be summarized with special reference to the geopolymers
that have been tested as sorbent/immobilization matrix for radioactive wastes. Recent ad-
vances in testing different geopolymers for their applications as sorbents will be reviewed
with a focus on the studied precursors and analyzing their performance in the removal of
radio-contaminants from an aqueous solution. Similarly, the recent advances in testing the
geopolymer immobilization matrices will be reviewed with a special focus on analyzing
the sustainability of their safety function. Finally, a perspective on the sustainability of
these materials will be presented.

2. Geopolymers

Geopolymers are a relatively new class of inorganic amorphous materials, which has
recently been used in large-scale applications. The main ingredients to prepare geopolymers
are reactive aluminosilicate precursor (named here as base material) and activating alkali
solutions, e.g., NaOH, KOH, waterglass. The kinetics of geopolymerization to form a three-
dimensional network structure of aluminates and silicates tetrahedrons are complex and
include: dissolution, speciation equilibrium, gelation, reorganization, and polymerization
and hardening [31,91]. The main binding phase in geopolymers is the aluminosilicate
gel and is classified, based on its Si/Al ratio, into; poly(si-alate) (Si/Al = 1), poly(sialate-
siloxo) (Si/Al = 2), and poly(sialate-disiloxo)(Si/Al = 3) [92–94]. In comparison with zeolite
structure, these Si/Al ratios correspond to low (≤2) and intermediate (2 < Si/Al ≤ 5)
silica zeolite [95]. The final properties of geopolymers are related to their microstructures,
which are strongly dependent on the formulation and the nature of the base materials
and the preparation and curing conditions [68]. General properties for these classes are as
follows [31,96,97]:

• Si/Al < 1 noted zeolite crystallization is observed in geopolymers;
• 1 < Si/Al < 2 increased polymerization degree, with reduced porosity;
• 2 < Si/Al the polymerization extent is dependent on the solubility of the Si source.

Based on the alkaline nature of the geopolymers and the ability of their structures to be
tailored, this class of materials can be employed in various radioactive-waste-management
activities as follows:

• Pre-treatment activity: Due to the high buffer capacity of these materials, geopolymers
can be used to regulate the pH of the aqueous radioactive waste streams;

• Aqueous effluents treatment activity: Porous geopolymers composites can be used in
membrane separation, sorption/ion exchange, filtration, and photocatalytic degradation;
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• Immobilization activity: Impermeable geopolymers can be used in the direct immobi-
lization of problematic operational waste streams, e.g., organic liquid wastes, spent
ion-exchangers, and evaporated concentrates.

Up to now, scientific efforts have not covered all these applications in radioactive
waste management. Most of the conducted work focused on the ability of the geopolymers
to remove some radionuclides of concern via sorption/ion exchange or to immobilize
the radioactive wastes in geopolymers [20–28,31,45–63,68–74,98–110]. In this section, an
overview of the used materials in geopolymers preparation, the effect of the radiation on
these materials, and techniques to characterize their structure are presented.

2.1. Base Materials

A large number of materials have been used as base materials (source for silica and
alumina) to synthesize geopolymers; these materials can be classified into three groups:

• Natural minerals: These are the most popular structural elements sources for geopoly-
mer synthesis. Calcined kaolin (CK)/metakaolin (MK) have been extensively tested
to prepare sorbents [20,24,26–28,100,111] and immobilization matrices [35,45,46,48–50,
52,53,55–62,101,103]. Limited research investigated other minerals, including feldspar
(F), bentonite (B), and mordenite (M), for the same purposes [54,62,98,104,105].

• Industrial wastes: Fly ash (FA) is the most widely used waste in the preparation of
geopolymer sorbents [21–23,25] and immobilization matrices [47,55,61,98,102,104,106].
Some research used blast furnace slag (BFS) with other materials to prepare sor-
bents [23–25] and geopolymeric immobilization matrices [50,51,55,61]. Manganese
slag (MS) was employed to prepare immobilization matrices [45]. Prior to the utiliza-
tion of these materials, they should be tested using toxicity characteristics leaching test
(TCLP) to ensure that their heavy metal content, if any, is in stable form. Additionally,
the amount of the natural occurring radioactive materials in these wastes should be
quantified, if suspected.

• Synthetic materials: Chemical sodium silicate and aluminum nitrate solutions have
been used to prepare sorbent material to test its potential application in radioactive
metal removal from aqueous solutions [110]. In addition, Betol 39T was investigated
to prepare geopolymer immobilization matrix [59].

2.2. Effect of Radiation on Geopolymers

Exposure to radiation can lead to various changes in the materials depending on
their structures and exposure doses. Chemical changes can occur in materials due to the
radiolysis reactions; the radiation chemical yield (G, μmol/J) is used to quantify the extent
of these reactions and subsequently, the radiological stability of these materials. It is defined
as the number of formed species due to the absorption of 100 eV. Physical changes can
occur on the macro- and/or micro-scales, e.g., change in the volume [13], pore number, and
structure [51]. These changes can affect the performance of the material and its life time. In
order to assess the suitability of geopolymers for their applications in radioactive waste
management, their radiological stability and durability should be assessed [112]. Several
studies have closely examined the changes in geopolymers under gamma (γ) irradiation.
The studied parameters included the radiation chemical yield compressive strength (σ,
MPa) as an indication for the changes in mechanical properties and cumulative leach
fraction (CLF, cm−1) as an indicator for the stabilization performance of radionuclides
within the immobilization matrix; a summary of these studies is shown in Table 1. Limited
studies presented the effect of γ-radiation on MK and FA geopolymers by measuring the
hydrogen chemical radiation yield under a wide range of exposure doses [101–103]. The
hydrogen radiolytic yields were reported in the range of 2.1 to 9.0 × 10−3μmol/J (Table 1);
these values are lower than those reported for OPC cements (~1.0 × 10−2μmol/J) and
pure bulk water (4.7 × 10−2μmol/J) [105,106]. It should be noted that the yield is highly
dependent on the water saturation in the sample and the exposure doses, which should be
considered as a factor in these studies [113].
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Table 1. Effect of gamma (γ) irradiation on geopolymers: Hydrogen radiolytic yield, compressive
strength, and leaching.

Geopolymer Dose, kGy Property Effect Ref.

GGBFS*/Wollastonite 1000 Compressive strength Δσ increased by 35% [51]

MK 50 Hydrogen radiolytic G = 6.1 × 10−3 μmol/J [101]

FA 700 Hydrogen radiolytic G = 2.1 × 10−3 μmol/J [102]

MK
750 Hydrogen radiolytic G = 9.0 × 10−3 μmol/J [103]

50–1000 Compressive strength Δσ~10%

FA 100

Compressive strength Δσ 7.8%

[106]
Radionuclide leaching ΔCLF 5, 22.3 and 47.3%, in

DIW **, GW *** & SW ****

* GGBFS granulated grounded BFS. ** DIW deionized water. *** GW ground water. **** SW seawater.

The results of investigating the effect of γ-radiation on the geopolymer compressive
strength confirmed increased compressive strength after irradiation for doses in the range
of 50 to 1000 kGy (Table 1) [51,103,106]. A change of about 10% after irradiation was
reported at different doses in the range 50 to 1000 kGy for MK-based geopolymer; it
was attributed to the densification in the geopolymer network structure [103].For BFS-
based geopolymers, a higher increase in the compressive strength of 35% was noted
at an irradiation dose equal to 1000 kGy; this value was reduced progressively as the
waste loading increased [51]. The increase in compressive strength under γ-radiation
was attributed to the decrease in the mean Si–O–Si angle and the decrease in the average
pore size of the geopolymer [51]. It should be noted that no significant change occurred
due to the irradiation of the Fe-rich geopolymer prepared from synthetic plasma slag
up to 5 kGy [114]. The irradiation of the geopolymer prepared from BSF/FA blend, up
to 10,214 kGy, revealed that two competing mechanisms are responsible for the changes
that occur in the geopolymer during the irradiation. The first is beneficial, enhancing the
gelation and cross-linking of the geopolymer, and is dominant at lower irradiation doses.
The second is detrimental; it causes structural and micro-structural destabilization and is
dominant at higher irradiation doses [115]. The reported improvement in the compressive
strength in Table 1 was associated with increases in the CLF, which is a negative change
for the stabilization performance. This change in the CLF is highly dependent on the type
of the leaching solution (Table 1). However, this increase in the CLF was reported as still
complying with the acceptance criteria set by the American Nuclear Society Standards
committee [106,116].

2.3. GeopolymerStructure Characterization

By default, geopolymers are amorphous aluminosilicate materials that can contain
some crystalline phases embedded in it. These phases might be residual from the base
material or due to the preparation of the geopolymer composite. In general, there are
various techniques that can be employed to quantify the morphology, and the pore and
chemical structure of the materials. The morphology is usually identified using microscopy
techniques, e.g., optical, secondary electron microscope (SEM), and transmission electron
microscope (TEM). Moreover, SEM and TEM can give information about the elemental
distribution in the material and its crystal structure, respectively. Figure 3a illustrates
the elemental distribution of the structural elements, i.e., Si, O, Al, and the immobilized
contaminant, i.e., Cd, in a BFS-based geopolymer [117]. The uniform distribution of
the contaminant in the geopolymer is an indication of the effective immobilization [117].
Figure 3b,c illustrates the inclusion of crystalline nano-particles in a MK-based geopolymer,
wherein the dimensions of these inclusions can be measured from the TEM image, i.e.,
Figure 3b, and the d-spacing of the crystalline material can be determined from the electron
diffraction pattern, i.e., Figure 3c [118].
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Figure 3. (a) SEM micrograph and elemental mapping of the geopolymers with immobilized Cd.
(copyrighted, from [117]).(b) TEM micrograph of the metakaolin-based geopolymer and (c) the
electron diffraction showing evidence of crystallinity (copyrighted, from [118] (CC BY 4.0)).

The pore structure is identified using gravimetric and absorption tests, e.g., MIP and
BET, and the chemical structure is usually identified via spectroscopic analysis, e.g., XRF, Ra-
man, FTIR, and NMR [112]. The most simple and versatile technique that can be employed
for this purpose is Fourier-transform infrared (FTIR) spectroscopy analysis, which is widely
used to identify the chemical structure and the changes that occur in it, in a qualitative way,
by identifying the function groups and the shifts that occur in them. Typical geopolymer
structure is confirmed by detecting the characteristics peaks of OH and M-O, where M is
the metal, i.e., Si and/or Al. Figure 4 shows the results of the FTIR and Raman spectroscopy
analysis for geopolymers prepared from chemicals (Figure 4a,b) and MK geopolymers with
different prefabricated foam ratios (Figure 4c) [100,110]. FTIR spectra show the stretching
vibration (near 3500 cm−1) and bending vibration (near 1650 cm−1) of the OH group. The
characteristic M–O peaks appear near 1050–1020 cm−1 and 450–400 cm−1 represents the
internal stretching vibration of the SiO2 tetrahedral and the bending of Si–O–Al. The shift
of the peaks between the base material and the geopolymers can give insights into the
inclusion of the Al in the Si tetrahedrons and the dissolution of the base material (Figure 4c).
In addition, FTIR can clarify the changes in the geopolymers‘ composite structure in a
comparative way, wherein the relative changes in the peak position and magnitude give
indications on the changes that occur in the structure (Figure 4a). Raman spectroscopy can
also be used in identifying the changes that occur in the crystalline inclusion within the
geopolymers matrix. Figure 4b shows the characteristic peak for geopolymers at 500 cm−1

and the changes in the crystalline layer houble hydroxide (LDH) due to its inclusion in
geopolymers [110].
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Figure 4. Geopolymer characterization using FTIR and Raman spectroscopy. (a,b) FTIR and Raman
characterization for geopolymers prepared from chemicals and its modification with LDH (copy-
righted, from [110]). (c) FTIR spectra for MK and geopolymers with prefabricated foam (copyrighted,
from [100]).

To check if the prepared geopolymer contain any crystalline phases, either due to the
incomplete dissolution of the crystalline base material or due to composite formation, XRD
is considered a powerful tool. In general, the XRD pattern of amorphous silicate-based
materials shows a diffuse hump that extends over the range 15–35◦, and the inclusion of
crystalline phases in these materials appears as characteristic Bragg peaks superimposed
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on the hump [119]. Figure 5 presents the XRD results for geopolymers prepared from
different sources and their composites [100,110,120]. The characteristic geopolymer diffuse
hump reaches its peak near the quartz characteristic peak (≈27◦) (Figure 5a–d). For
geopolymers prepared from crystalline-based materials, the shift of the hump peak to higher
2θ values indicates the complete dissolution of the base materials. The characterization of
geopolymers composites using XRD gives information on the inclusion of the crystalline
phases within the geopolymers matrix and their crystallographic structure. Figure 5a,c
shows the inclusion of LDH and sewage sludge ash (SSA) in geopolymers. The comparison
between the geopolymer without SSA (Figure 5c) and with 30% SSA (Figure 5d) revealed
that the crystalline waste, i.e., SSA, transformed to an amorphous structure during its
reaction with the alkali solution [120]. That work concluded that the Cs leachability from the
geopolymer matrix is improved over that of the OPC due to the following mechanisms [120]:
(1) Cs is librated during the transformation of the crystalline SSA into amorphous structure;
(2) the librated Cs is sorbed into the geopolymer matrix.

Figure 5. Geopolymer characterization using XRD (a) geopolymers prepared from chemicals
(GEO), layer double hydroxide (LDH) and LDH—geopolymers composite (LDH/GEO) (Copy-
righted, from [110]), (b) MK and geopolymers prepared with different inclusions of pre-fabricated
foam(copyrighted, from [100]), (c) MK Geopolymer (copyrighted, from [120]) (d) MK—geopolymers
with 30% sewage sludge ash (SSA) (copyrighted from [120]).
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3. Geopolymers as Sorbents/Ion Exchangers for Radio-Contaminant Removal

Recent advancements in testing geopolymers for their potential applications in contam-
inant removal covered a wide spectrum of organic, inorganic, and biological contaminants,
e.g., heavy metals, dyes, ammonium, sulfates, and microorganisms, etc, [75,77–79]. These
efforts were motivated by the chemical and mechanical stability and the low energy and
material footprints of these materials. In addition, the structure of the alumina silicate gel
resembles the low and intermediate Si zeolites, which have a good electrostatic field that
supports its application in the sorption of polar contaminants [95]. Subsequently, this class
of material attracted workers in the field of radioactive waste treatment to test it.

Sorption/ion-exchange techniques are applied in nuclear reactors to control the system
chemistry, minimize corrosion or degradation of system components, remove radioactive
contaminants, and to clean and decontaminate aqueous streams during the operation of the
power plant. Thus, this technique is used to decontaminate the primary coolant, primary
effluents, wet storage waters, etc. [121]. In addition, it is employed in the treatment of liquid
radioactive wastes generated from research centers, radioisotope production laboratories,
uranium mining, and decommissioning activities of nuclear/radioactive facilities. Cs, Sr,
Co, and Eu are used widely to test the performance of the cationic sorbents/exchangers for
their potential applications in radioactive waste treatment; these elements are selected as
models for alkali, alkaline earth, transition, and rare earth elements. In addition, Se, As,
and I are used to assess the performance of anionic sorbents/exchangers.

3.1. Types of Studied Geopolymers

The development of geopolymer technology revealed promising applications of
geopolymers in the removal of radio-contaminants from aqueous waste streams by means
of sorption/ion exchange. Of the many types of geopolymers, MK- and FA-based geopoly-
mers were employed [20–28] since geopolymers were first introduced. The emergence of
other types of base materials, e.g., slag and silica fume, has inspired researchers to use
blended base materials instead of a single base material. In several studies, the successful
testing of geopolymers formulated from blending different types of base materials were re-
ported [20,24,25]. Lei et al. [24] fabricated MK/slag-based zeolite microsphere geopolymers
to be used in the removal of Cs+ and Sr2+ from radioactively contaminated wastewater,
and their findings revealed maximum adsorption capacities in batch sorption experiments
equal to 103.74 and 54.90 mg/g, respectively. Earlier, Lee et al. [25] reported successful Cs+

adsorption onto a hybrid mesoporous geopolymer containing zeolites formulated from
FA and slag. This hybrid geopolymer was able to remove more than 90% of Cs+, and
the maximum sorption capacity recorded was higher than most other materials including
ceiling tiles, walnut shell, and chabazite pellets. The retention of Cs+ by geopolymers is
benchmarked against ordinary Portland cement (OPC) and frequently shows higher reten-
tion compared to OPC. For instance, Jang et al. [22] reported higher Cs adsorption capacity
for a FA-slag-based geopolymer (29.87–35.23 mg/g) compared to cement (19.09 mg/g).
This result was attributed to the presence of aluminosilicate gel and the C-S-H with a low
Ca/Si ratio in the FA/slag-based geopolymer [22,122,123]. These phases contain active
sites that boost Cs sorption. In particular, the C-S-H with a low Ca/Si ratio was reported
to have increased de-protonated weak sites in the silanol group compared to that in the
C-S-H with a high Ca/Si ratio, which favors Cs sorption [124]. In comparison with the
studied OPC in that work, the slag-based geopolymer was reported to have C-S-H with a
higher Ca/Si ratio [22]. It is remarkable in that work that geopolymers prepared from FA
only had better removal performance in terms of adsorption capacity compared to that of
FA-slag geopolymers, which was attributed to the effect of increasing the slag on the extent
of aluminosilicate gel formation [22].

The incorporation of other materials can provide additional sorption sites, as adopted
by Chen et al. [26]; their study showed the increased removal of radioactive iodide (I−) from
wastewater when hexa-decyl-tri-methyl-ammonium (HDTMA)-incorporated MK geopoly-
mers were used. Petlitckaia et al. [28] developed a hybrid material with functionalized
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sorbent (potassium copper hexacyanoferrate, K2CuFe(CN)6) grafted onto a lightweight
MK geopolymer foam to selectively remove Cs+ from radioactive aqueous waste. Their
findings revealed that the grafted geopolymer showed very high selectivity for Cs+ in the
presence of other cations compared to the un-grafted geopolymer. Additional material
grafted onto the geopolymer is also useful for the purpose of the co-immobilization of more
than one type of radionuclide, as shown by Tian and Sasaki [109], wherein a composite of
layered double hydroxide/geopolymer (LDH/GEO) was employed for the adsorption of
Cs+ and SeO4

2−.
Alkali cations (Na+, K+) originating from the hydroxide or silicate activator may

affect the sorption performance of geopolymers with favorable radionuclide sorption by a
Na-based geopolymer, as indicated by Lee et al. [25] and El-Naggar and Amin [27]. The
retention of radionuclides by geopolymers is also affected by the Si/Al ratio, as well as
the temperature. A decrease in the pore volume with increasing Si/Al ratio was reported
to result in the lower retention of radionuclides [23], whereas the presence of crystalline
phases, i.e., nepheline or pollucite, that were formed during the high-temperature treatment
of the geopolymer were reported to improve the retention of the radionuclides [23]. In
another paper, the calcination of the MK/SA geopolymer was reported to reduce its ability
to remove Cs from its aqueous solution [125]. This reduced sorption capacity is explained
by the effect of the calcination temperature on the Al- coordination in the geopolymer,
wherein a part of the Al tetrahedrons were proven to be transformed to penta- and hexa-
hedrons with the increasing temperature. Moreover, it was found that approximately 10%
of the aluminum on the surface of the calcined geopolymer decreased compared to the
un-calcinated one.

3.2. Testing Techniques

There are two widely employed methods to test the performance of sorbents/ion
exchangers, which are batch and column tests, to simulate the practical conditions during
the operation. Batch tests are used to study the effect of the variation in the sorbent
mass to the contaminated liquid volume (m/V, g/L), and the contaminated solution
characteristics, i.e., the initial contamination level (Co, ppm), the acidity or alkalinity (pH),
and temperature (T, ◦C), under static conditions on the radio-contaminant removal behavior.
Based on the field of application, either removal or separation, different performance
measures can be obtained that include percentage removal, distribution coefficient, sorbed
amount, and sorption capacity (Qo, mg/g). In particular, the latter can be used as a base
of comparison between the performances of different materials. Batch tests can be run
to investigate the unsteady state behavior of the sorption process, i.e., kinetics and the
equilibrium behavior. On one hand, the kinetic investigations are conducted to determine
the time to reach equilibrium and rate constant and to have insights into the controlling
removal mechanism. On the other hand, equilibrium investigations are employed to
determine the sorption capacity, have information about the nature of the energy sites,
and determine the reaction thermodynamic parameters. Several kinetics and equilibrium
models are used to analyze these experimental data, a summary of these models and
their features are found elsewhere [95]. Geopolymers prepared from chemicals, MK,
FA, MK/slag, and FA/BFS (as indicated above), were tested to check their feasibility to
be used in the removal of radio-contaminants; the researchers focused their efforts on
studying the batch sorption behavior toward Cs and Sr (cations) and Se and As (anions)
in aqueous solutions. Moreover, geopolymer composites with LDH, potassium copper
hexacyanoferrate (K2CuFe(CN)6]), hexa decyl-tri-methyl-ammonium bromide (HDTMA),
and iron (Fe) were tested to remove Cs, Sr, Se, I, and As. Tables 2 and 3 list the main studied
experimental conditions, the specific surface area (SSA) of the geopolymers, and the main
findings of these studies [20–28,98,100,109,110].
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Column tests are used to investigate the sorption dynamics, optimize the column
parameters, i.e., bed depth, flow rate, and identify the breakthrough curve characteristics.
The application of the column technique in studying the removal performance of the
radio-contaminants using geopolymer was limitedly addressed [24]. Cs and Sr removal
using a MK/slag geopolymer was tested in a fixed-bed column with bed depth equal to
0.5 and 1 cm at two flow rates equal to1 and 4 mL/min [24]. The breakthrough curve
characteristics for the highest bed-depth and slowest flow-rate experiments were as follows:
(1) the breakthrough points were 12 and 3.3 h; (2) the saturation points were 26 and 18 h;
(3) the column adsorption capacities were 121.1 and 58.73 mg/g, respectively [24]. A recent
paper studied Cs removal using a MK/sodium lauryl sulfate (SLS) geopolymer cylinder
with diameter and height equal 0.5 and 0.7 cm, respectively, under varying flow rate of
20–50 mL/s [126]. The maximum adsorption capacities were reported to be 10.3–13 mg/g.
In addition, the reusability and regeneration ability of the ion-exchanger/sorbent is an
important topic to be identified to ensure the economic feasibility of the materials and to
reduce the environmental footprint by reducing the material requirements for the treatment
process [95]. The reusability and regeneration studies are very limited for geopolymer
sorbents/ion exchangers. From the presented data herein on geopolymer testing for
applications in radio-contaminant removal, the following remarks can be drawn:

• In terms of the number of conducted batch experiments, these experiments can provide
a basis for evaluating the performance of the studied geopolymers, whereas the column
and reusability and regeneration studies are lacking;

• The studied batch experimental data covered a wide range of initial contaminant
concentrations in the range (3–1000 ppm) tested mostly at room temperature, except
in two papers [27,99], and the sorbent-mass-to-liquid-volume ratio was in the range
1–10 g/L;

• The sorption data follow the pseudo-second-order reaction model, which shows that
the reaction has a chemisorption nature that involves electron-sharing between the
contaminants and the sorbent;

• For most of the sorption equilibrium batch tests, it was found that the sorption occurs
on sites of equal energy, i.e., monolayer sorption, with exceptions for Cs removal
using (FA/BFS) geopolymers and I and AsO4

2−removal by MK/HDTMA and Fa/Fe
geopolymers, respectively;

• The conducted thermodynamic studies indicated that the reactions were mainly spon-
taneous and endothermic, except for the removal of I using MK/HDTMA geopolymers.

4. Geopolymers for the Immobilization of Radioactive Wastes

Using a geopolymer as a containment matrix for the immobilization of radio-contaminants
involves the mixing of radioactive waste with a reactive base material (such as MK, FA)
and/or an activating solution containing alkali (Na+ or K+) hydroxides and silicates, then
applying suitable curing conditions [127]. This process aims, as in the case of other immobi-
lization matrices, to produce an acceptable wasteform that can comply with the regulatory
requirements on radionuclide retention, water ingression, and structural stability provi-
sion in near-surface disposal facilities. The immobilization is achieved by solidification,
embedding, or encapsulation [31]. The first is usually used to describe the immobilization
of liquid and liquid-like wastes, and it is achieved through the chemical incorporation
of the waste components into the structure of a suitable matrix. The latter is achieved
by physically surrounding the waste in the immobilization matrix [108]. Basically, the
radionuclides leachability is used as a performance measure to quantify the retention safety
function. It is affected by the characteristics of the containment matrix, the radionuclide
being leached, and the leaching environment [128]. Compressive strength and permeability
are used as performance measures to quantify the provision of structural stability and for
the prevention of water ingression, respectively.
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4.1. MK Based Geopolymer

Geopolymers have been investigated for the containment of radionuclides in low- and
intermediate-level wastes (LILW) [33,129] that usually contain long-lived radionuclides,
such as 137Cs, 90Sr, 226Ra, 232Th, and 238U. Among the many radionuclides, Cs and Sr have
been expansively studied due to their unfavorable immobilization by conventional cement-
based materials. As for removal applications, MK geopolymers are frequently investigated
by numerous researchers for radioactive waste immobilization [47,49,57,130–136]. Exam-
ples of these investigations include the immobilization of solid wastes generated from
the nuclear fuel cycle that encompasses operational and decommissioning wastes from
operating and decommissioned nuclear reactors, respectively [33]. Operational wastes
such as graphite containing 14C has been successfully conditioned using geopolymers to
produce a wasteform with acceptable compressive strength and structural stability [60].
Another study addressed the immobilization of fuel cladding in MK geopolymers [101].
Besides solid waste, organic liquid wastes generated from nuclear reactors, such as lu-
bricating oil contaminated with 60Co and 137Cs, have also been conditioned using MK
geopolymers [62]. Moreover, secondary wastes, which are generated from the treatment
of primary wastes, e.g., exhausted filters and ion exchangers/sorbents, have been tested
for their potential immobilization in MK geopolymers. As in the case of the Fukushima
Daiichi Accident, the feasibility of immobilizing spent ion-exchange resins containing
137Cs and 90Sr that resulted from the treatment of contaminated cooling water in a MK
geopolymer was investigated. The immobilization of Sr-loaded titanate ion-exchangers in
a MK geopolymer has proven the potential of the geopolymer as confinement matrix for
this exhausted ion exchanger [134]. Similar findings were observed by Kuenzel et al. [135]
for the immobilization of zeolite clinoptilolite ion exchangers contaminated with Cs and
Sr. Walkley et al. [56] also observed the immobilization of 90Sr in ion-exchange resins by
using MK geopolymers. One of the primary challenges in the immobilization of radioactive
waste is the high sulfate content in some waste streams. Ahn et al. [35], in their study, have
proven the applicability of using a MK geopolymer in immobilizing a high-sulfate hybrid
sludge from a Hydrazine Based Reductive Metal Ion Decontamination (HyBRID) process
that contained Fe, Ni, Cr, and Co ions with increased waste loading up to 53.8 wt%.

4.2. Other Geopolymers

Other than MK geopolymers, FA geopolymers have also been investigated for the
immobilization of different radio-contaminants, such as Cs+ [104]. Slag-based geopoly-
mers have also been investigated for the immobilization of radio-contaminants in many
radioactive waste streams. The advantages of geopolymers not only lie in their favorable
mechanical strength and radionuclides stabilization potential but also in their waste loading
capacity. For instance, a geopolymer prepared from GGBFS was applied successfully in
the immobilization of ion-exchange resins contaminated with Cs+ and Sr2+ with maximum
solidified wet resin content of about 45 wt% [51].

Blended materials were tested for their potential application to enhance the radio-
contaminant retention, waste loading capacity, and mechanical strength of an immobiliza-
tion matrix. As an example, the findings of Lin et al. [50] indicated the superior performance
of geopolymer compared to cement when a blended MK-slag-based geopolymer was used
for the immobilization of reactor spent resins containing Cs+ and Sr2+ with a loading
capacity of ion-exchange resins up to 12 wt% (wet base). Similar findings were reported by
El-Naggar [109] for the immobilization of 60Co using blended slag-seeded Egyptian Sinai
kaolin geopolymer. As in the case of the well-known Hanford Project in the USA, the per-
formance of the BFS-MK DuraLith geopolymer was enhanced, e.g., improved workability,
reduced hydration heat, and higher waste loading, by the addition of fly ash [61].

Frequently, additional materials are incorporated into a geopolymer‘s formulation
to either increase its radionuclides immobilization performance or to provide selective
containment. These materials provide structure that creates extra fixation sites for radionu-
clides [137] or phases that favor the attachment of ions [138]. Besides the containment of
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radionuclides, they may contribute to the enhancement of the mechanical strength of the
geopolymer [51]. Moreover, these materials can cause changes to the chemical state of
the radionuclides that further affect the performance of the geopolymers. Yu et al. [45]
mentioned that, in the presence of Mn, Co was transformed from divalent to trivalent in an
oxidation environment.

4.3. Effect of Alkali Activator and Thermal Treatment

In terms of material types, another consideration is the type of the used alkali activa-
tors. In many studies, Na-based geopolymers showed better performance than K-based
geopolymers [49,132,134]. This preference was attributed to the hard and soft acids and
bases (HSAB) principles, in which high-charge-density Na+ resulted in Na+ being the
stronger Lewis acid that favored reaction with Cs+ [134]. The incorporation of radionu-
clides into the geopolymer framework occurs through several mechanisms. One of the
important mechanisms involved the replacement of alkali ions (Na+ and/or K+) by the ra-
dionuclide [56,134] with preference towards a Na-based geopolymer compared to a K-based
geopolymer [48]. This replacement can cause structural changes to the geopolymers.

Apart from the types of used materials, the radionuclide containment performance of
geopolymers is also affected by the thermal treatment of the geopolymer‘s matrix. Generally,
geopolymers are thermally stable in a wide range of temperatures up to approximately
800 ◦C [139]. By exceeding this point up to around 1100 ◦C, crystalline phases are formed;
nepheline forms in Na-based geopolymers; leucite forms in K-based geopolymers, and
pollucite forms in the presence of Cs [48]. These crystalline phases have been shown to
immobilize this radionuclide. The investigation of MK-based geopolymers formulated
from the Na-alkali activator for Sr immobilization at different temperatures revealed lower
Sr2+leaching in the presence of nepheline structures formed by calcination in comparison
to the uncalcinated geopolymer [135]. Few publications, however, noted the formation of
these crystalline phases at lower temperatures [46,48], and the crystalline phases formed
at these temperatures demonstrated better performance than the ones produced at high
temperature. For instance, pollucite obtained at lower temperature via alkali metal ions
doping and optimizing the Na/Cs ratio demonstrated high Cs immobilization compared
to pollucite formed by a high-temperature hydrothermal treatment [140].

As much as geopolymer applications can, in certain cases, lead to better mechanical
strength and durability compared to Portland cement, its dry shrinkage is relatively higher
and therefore prone to cracking. Additionally, the geopolymer has also been found to
have low affinity for anions, such as SeO4

2− and Cr2O7
2− [141],which eventually hinders

its application in immobilizing waste streams containing these contaminants. In order to
rectify these shortcomings, the optimization of the alkali activator and the use of additive
material can provide successful solutions for this problem [58,110].

Even though the application of a geopolymer in the immobilization of radioactive
waste still remains largely in research stage, nevertheless the actual implementation has
been adopted by the Slovak Republic. The immobilization of intermediate-level waste
containing 137Cs from nuclear power reactors (sludge, resin, liquid wastes, and their mix-
tures) in Slovakia and Czech Republic was successfully implemented using a proprietary
MK-based geopolymer matrix called SIAL [142].

4.4. Geopolymers Performance

As indicated above, the radioactive wasteform should be designed to comply with
the regulatory requirements on its safety functions, so they should be durable and able to
mitigate the impact of anticipated accidents that can occur during its life time. The durabil-
ity of the wasteform is affected by the waste compositions, amount of free water content,
and the presence of environmental stressors that subsequently affect the characteristics of
the wasteform (i.e., porosity, density, thermal and radiation stability, compressive strength,
leaching resistance, chemical attack resistance, and freeze and thaw) [57,112,113,143–148].
It should be noted that the durability of the geopolymer under chemical attack is very
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much dependent on the calcium content in the base material. It was reported that the
high-calcium-content base material, i.e., class F fly ash, will produce a geopolymer more
vulnerable to sulfate attack and carbonation than that withlow calcium content [148]. Sev-
eral durability tests were developed to test the sustainability of the safety function of
the wasteforms throughout their life cycle [31,112,145–147]. In this section, the testing
techniques and the analysis of the leaching behavior and compressive strength of the
geopolymer wasteforms are presented.

4.4.1. Testing Techniques

During the design of the wasteforms, there are several options can be considered for
testing these forms to ensure their sustainable performance. These options include the
selection of the testing procedure, the factors that affect the wasteform performance, and
the optimization technique. Details of these factors are found elsewhere [33].Geopolymer
studies addressed the sustainable performance of these wasteforms by evaluating the effect
of geopolymer formulation on the radionuclide retention and compressive strength. In addi-
tion, the effects of the leaching solution on the wasteform stability, in terms of radionuclide
leachability, were investigated. The effect of the freeze–thaw cycles, irradiation, and water
immersion on the leaching and the compressive strength were quantified. The following
subsections present the results of these investigations for different geopolymer types.

4.4.2. Leaching Behavior of Geopolymer Wasteforms

The high pH environment of the cement-based material favors the stabilization of
lanthanides and actinides within the immobilization matrix, yet alkali and alkaline metal
remain substantially soluble depending on the waste constituents and the presence of
additives [33].Subsequently, most of the geopolymer studies were directed at assessing
the potential of these materials to immobilize different primary and secondary waste
streams contaminated with Cs and Sr and, to a lesser extent, Co, as mentioned in the
previous sections [35,45–49,53–55,57,58,62,76,106]. In addition, the stabilization of some
anions was addressed [58]. Most of the studied geopolymer were MK-based, with few tests
for other geopolymers.

Several types of leaching procedures were employed in this respect, including the
standardized ANSI/ANS, TCLP, and ASTM. The duration of the leaching-test applica-
tions varied from very-short-duration tests, i.e., 5 days [51], to longer-duration tests, i.e.,
42 days [47,49,57]. The obtained leaching parameters were also very variable, including
Cumulative Leach Fractions (CLF, cm−1), Normalized Leach Fraction (NLR, g.m−2.d−1),
Leach Rate (LR, cm. d−1), Leaching index (Li), and Inhabitation grade (I, %). Tables 4 and 5
list the compositions of the studied immobilization matrices and the performed leaching
tests and their results for Mk-based and other geopolymers, respectively. Despite the
reported values of the leaching index providing insights into the acceptability of the waste-
form performance, the variability of the reported leaching measures and the conducted
leaching procedures inhibit the determination of a suitable geopolymer formulation to
immobilize certain type of radioactive wastes.

Over the years, the utilization of geopolymers as a containment matrix has gained lots
of attention, especially due to their improved performance in terms of thermal stability
(at high temperature and during freeze–thaw cycles), acid resistance, mechanical strength,
and radionuclide containment performance [47]. Findings from the study carried out by
Liu et al. [55] suggested that the immobilization performance of the blended FA/slag/MK-
based geopolymer exceeded that of cement as shown by the higher cumulative fraction
leaching rate of cement compared to that of the geopolymer. In addition, the findings of Jang
et al. [144] for the FA/slag-based geopolymer also showed better Cs- and Sr-containing
radioactive-waste-immobilization performance in comparison to Portland cement and
therefore proposing the potential of these geopolymers as promising barrier materials to
retard the migration of radio-contaminants.
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The compressive strength of the wasteforms is another key parameter that must meet
the minimum criteria set by various regulatory bodies. The U.S. Nuclear Regulatory Com-
mission (NRC) recommends a mean compressive strength of at least 500 psi (3.45 MPa) for
wasteform specimens cured for a minimum of 28 days (ASTM C39/C39M-01). According
to the standard GB 14569.1-2011 set by the National Standards of the People’s Republic of
China, which regulates the performance requirements for solidified wasteforms of low- and
intermediate-level radioactive wastes, the compressive strength of the solidified sample
should not be less than 7 MPa. Meanwhile, a minimum compressive strength of 4.9 MPa
for low- and intermediate-level radioactive cementitious wasteforms are set by the Rus-
sian Federation (GOST R 51883–2002). Table 6 shows that the compressive strength of
the geopolymer wasteforms reported in this review not only met the minimum criteria
specified in the standards but also most of them exceeded the criteria by multiple folds.

Table 6. The compressive strength of the geopolymer wasteforms reported in the literature.

Geopolymer
Curing Conditions

Type of Simulant/Waste
Waste Loading

(wt%) σ (MPa) Ref.
Temp. (◦C) Duration (Day)

MK

25 7 Ba-loaded sludge waste 40.0 49.6 [35]

60 2 Cs(OH) solution 47.7 65.8 [46]

25 28 Sr-loaded zeolite 29.4 37.6 [57]

25 28 Na2SeO3powder 2.45 30.0 [58]

20 30 Nuclear graphite 10.0 22.0 [60]

RT 28 Co-loaded bentonite 15.5–25 9.5 ± 0.9 [62]

Clay-based RT 28 Sr-loaded wood ash 57.0 12.7 [54]

BFS RT 28 Cs,Sr-loaded ion-exchange resins 5–45 10.2–22 [51]

FA/SF 60 28 133Cs+solution 2.0 57.2 [47]

MK/BFS
RT 28 Cs,Sr-loaded ion-exchange resins 12.0 13.6 [50]

25 28 Sr(NO3)2 powder 9.0 24.5 [55]

FA/slag/Mk RT 28 Re-loaded waste solution 26.8 57.5–121.7 [61]

The compressive strength of a wasteform can be affected by the chemical and physical
properties, as well as the proportions of the radioactive wastes. Table 6 shows that the
geopolymer wasteforms produced from liquid wastes [46,47,61] have higher compressive
strength than the others. This better performance of liquid waste solidification is attributed
to the ease of liquid-waste incorporation into the geopolymer slurries to form homogenous
wasteforms after setting. In contrast, the insoluble solid wastes are encapsulated in the
geopolymer slurries to form heterogeneous wasteforms. For example, it can be seen that the
geopolymer wasteforms produced from spent ion-exchange resins [50,51] have relatively
low compressive strength. The insoluble ion-exchange resins have weak contact with the
geopolymer matrix, which, when under load, can easily lead to waste–matrix debonding,
thus weakening the strength of the wasteforms.

The effect of the waste loading on the compressive strength of wasteforms was briefly
investigated in the studies of Ahn et al. [35], Lin et al. [50], Lee et al. [51], and Liu et al. [55].
As for a comparison, the results from these studies are replotted with correlation coefficient
values (R2) in Figure 6. In general, the waste loading influences the compressive strength
of the wasteforms inversely. For example, strong and intermediate negative correlations
are shown in the geopolymer wasteforms produced with spent ion-exchange resins [50,51]
and Sr(NO3)2 powder [55]. However, a weak correlation is shown in the geopolymer
wasteforms with sludge waste, wherein the compressive strength initially decreased but
increased at waste loading of 30 wt% and 40 wt%. [35]. This behavior was attributed,
according to Ahn et al. [35],to the effect of the increased sludge waste loading on the
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H2O/Al ratio in the geopolymer matrix, which led to a recovery of the compressive strength.

Figure 6. Compressive strength correlations with waste loading [35,50,51,55].

As for the type of binder matrix, there are no significant relationships between the
geopolymer raw materials and wasteforms‘ compressive strength that can be observed in
Table 6. However, Li et al. [47], Lee et al. [51], and Xu et al. [57], in their studies, have com-
pared the compressive strength of geopolymer wasteforms with cement wasteforms. These
studies found that, under the same conditions, wasteforms produced using geopolymers
have significantly higher compressive strength than cement, as shown in Figure 7.

 

Figure 7. Compressive strength of geopolymer and cement wasteforms [47,51,57].

Besides being used as the basic criterion for solidified radioactive wasteforms, the
compressive strength of a wasteform after calcination or freeze–thaw cycles are often used
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to assess its stability and sustainable performance. Li et al. [47] reported that their studied
geopolymer matrix maintained an adequate compressive strength after calcination at
1000 ◦C. In comparison, the compressive strength of their OPC matrix was reduced to just
5 MPa, as shown in Table 7. Similarly, Xu et al. [57] reported that effect of the temperature
on the compressive strength in OPC is more significant than that in the geopolymer. It
should be noted that the study of such a very-high-temperature effect is not required for
low- and intermediate-level wastes that are not associated with heat generation and is not
required for scenarios that do not include volcanic eruptions. These studies also showed
that the losses of compressive strength due to freeze–thaw cycles ranged from 3.5 to 10.5%,
with higher losses observed for cement wasteforms ranging from 14.7 to 18.2%, as shown
in Table 8. Both studies concluded that geopolymer wasteforms are superior to cement
wasteforms in thermal and freeze–thaw stability.

Table 7. Compressive strength of the geopolymer/cement wasteforms after thermal exposure.

Wasteforms
Compressive Strength (MPa) Loss (%) after 1000 ◦C

Calcination
Ref.

Initial 400 ◦C 600 ◦C 800 ◦C 1000 ◦C

Geopolymer 57 52 45 38 30 47.4
[47]

OPC 34 22 15 9 5 85.3

Geopolymer 38 - 34 28 27 28.9
[57]

OPC 11 - Cracked Cracked Cracked 100

Table 8. Compressive strength of the geopolymer/cement wasteforms after freeze–thaw cycles test.

Wasteforms
Compressive Strength (MPa)

Loss (%) Ref.
Before Freeze–Thaw Test After Freeze–Thaw Test

Geopolymer 57 55 3.5
[47]

OPC 34 29 14.7

Geopolymer 38 34 10.5
[57]

OPC 11 9 18.2

5. Perspectives on the Sustainability of Geopolymers

The sustainability of any practice is based on its environmental impacts, economical
performance, and social acceptance. Ensuring acceptable impacts and performance will
enhance the social acceptance of that practice. As indicated in the introduction, the reduced
environmental impacts of geopolymers compared to conventional cements and the use of
industrial wastes as base materials for geopolymer fabrication boosted their applications
as civil engineering materials. The sustainability assessments of the geopolymer concrete
prepared from industrial wastes were addressed by identifying the factors that affect their
compressive strength as a performance and durability measure [149–151]. In this respect,
the effect of the preparation conditions of the geopolymer concrete on its compressive
strength as a durability measure was assessed [149]. The results of that study revealed
that the compressive strength of the geopolymer concrete prepared with a high content
of calcium fly ash increased with increases in the molarity of the sodium activator, the
activator-to-binder ratio, and the curing temperature, while it decreased with the increase
in coarse aggregate content. In another study, the effect of the incorporation of corncob
ash in a GGBFS-based geopolymer on compressive strength was assessed [150]. The
study concluded that the environmental impacts, in terms of the transport impact, global
warming potential, global temperature potential, embodied energy, sustainability index,
and economic index of the studied geopolymer are less than that of conventional concrete.

The use of industrial waste as base material in the preparation of a geopolymer matrix
for the immobilization of hazardous wastes were stated to reduce the greenhouse gas emis-
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sions, energy requirements, and disposal costs of industrial wastes [86]. The study reported
that the annual hazardous waste generation in India is 9.44 million tons, which requires
0.899 million tons of cement to stabilize. The use of an optimized geopolymer for different
hazardous wastes was recommended to reduce the conventional cement requirements.

In Sections 3 and 4, the performance measures of different geopolymer materials
were presented; these measures provide indicators on the potential sustainability of these
materials in radioactive waste management. In addition, the limited large-scale industrial
applications of these materials in the immobilization of radioactive wastes, i.e., SIAL, are
providing additional measures of the potential sustainability of these materials. Never-
theless, the limited practical applications either in using geopolymers as sorbent or as
immobilization matrices are not enough to generate a track record that enable the workers
in this field to design specified durability tests that are based on geopolymer characteristics
and performance. Additionally, the determinations of the sustainability indices for these
applications are lacking. Moreover, the planning for radioactive waste management should
be conducted in an integrated way that encompass the entire life cycle of the management
practice. In this respect, life-cycle assessment for geopolymers in this field is also lacking.

6. Conclusions

Over the years, geopolymers have gained much attention in different fields, includ-
ing radioactive waste management. The scientific efforts were focused on assessing the
potential applications of these materials, as removal agents for radio-contaminants from
liquid waste, and as immobilization matrices for different radioactive waste streams. This
trend was supported by the need to reduce the material footprints in radioactive-waste-
management activities and the promising performance of geopolymers in the water-and-
wastewater-management field. Based on the literature reviewed in this work, the fol-
lowing gaps are identified in the sustainable performance of geopolymers in radioactive
waste management:

• The application of a geopolymer in the pre-treatment of aqueous radioactive waste
effluent was not addressed. This application is supported by the chemical stability of
these materials in slightly acidic and alkaline solutions and its high buffering capacity,
which allow an acceptable pH regulation performance.

• Geopolymer applications in membrane separation were not addressed in radioactive
waste management. These applications are supported by the mechanical stability
of these materials that are preserved even for porous geopolymers. This allows the
application of geopolymer as a substrate or active layer in the membrane. Moreover,
advanced trends in the literature were directed to assess this potential application in
water and wastewater treatment and have provided knowledge that can be transfered
to the radioactive-waste-management field.

• The ability of the amorphous geopolymer matrix to entrap metals and oxides can be
used as a basis to test these materials for their potential application in photocatalytic
degradation. This application, if proven, can be very useful to treat aqueous radioactive
wastes that contain organic decontamination residues.

• As mentioned here, numerous batch studies were dictated to assess the promising
application of geopolymers in radio-contaminant removal. These studies covered
several types of geopolymer base materials, either single or blends, and targeted
the removal of cations and anions of concern. Only a few studies have addressed
the column operation and the reusability and regeneration ability of these materials,
and there is still a need to investigate these aspects in depth and to have a clear
understanding of the factors that affect them.

• The durability tests and standards were developed based on the long-term track record
of the vulnerable characteristics of Portland cements. Despite geopolymers have been
applied in certain countries for the immobilization of radioactive wastes, there is as
yet no similar record to allow the adaptation of specific durability tests and standards
for geopolymers.
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• The life-cycle assessments for geopolymers used in radioactive waste management
either as sorbent or as an immobilization matrix are lacking in the literature.

Even though most of the studies have yet to be implemented for actual application,
they nevertheless serve as invaluable input for the further development of geopolymers in
the field of radioactive waste management.
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Abstract: Since the emergence of the problem of nuclear waste conditioning, cementation has become
an important and developing part of the waste management system, owing to its simplicity and
versatility. The continued development of the cementation technique is driven by the improvement
and expansion of cementitious materials that are suitable and efficient for nuclear waste solidification.
Advances in cement theory and technology have significantly impacted improvements in nuclear
waste cementation technology, the quality of fresh and hardened waste forms, waste loading rates, and
the reliability and sustainability of the nuclear industry. Modern mineral matrices for nuclear waste
immobilization are a broad class of materials with diverse chemical–mineralogical compositions, high
encapsulation capacities, and technological and engineering performance. These matrices include not
only traditional Portland cement, but also non-Portland clinker inorganic binders. This review focuses
on recent trends and achievements in the development of calcium aluminate, calcium sulfoaluminate,
phosphate, magnesium silicate, and alkali-activated cements as cementitious matrices for nuclear
waste stabilization/solidification.

Keywords: cement; nuclear waste; solidification

1. Introduction

Nuclear energy, which is characterized by a low carbon footprint, high power density,
and ability to generate electricity quickly, holds a stable position among other forms of energy
and is currently considered one of the most viable forms of base-load electrical generation
for the next 50–100 years [1–3]. Recent statistics indicate that nuclear energy accounts for
10% of global power production and is anticipated to rise to 1/3 of world power by 2060 [4].
However, because one of the challenging deficiencies of nuclear power is the generation of
radioactive waste (RW), further sustainable development of the nuclear industry must be
accompanied by the consistent development of an RW management system.

According to the definition given by the International Atomic Energy Agency basic
safety standard “Radiation protection and safety of radiation sources: International basic
safety standards” [5], radioactive waste is material that contains, or is contaminated with,
radionuclides at activity concentrations greater than clearance levels, as established by the
regulatory body, for which, for legal and regulatory purposes, no further use is foreseen.
The terms “radioactive waste” and “nuclear waste” are generically used as synonyms in
the context of safety and waste management. Nuclear waste management is a complex
system and comprises all administrative and operational activities involved in the handling,
pre-treatment, treatment, conditioning, transport, storage, and disposal of RW [6]. The
continuous improvement of each stage makes an important contribution to improving the
efficiency and reliability of the entire system [7–16].

Extensive experience has been accumulated in the field of environmentally benign
RW handling, and a wide range of approaches, methods, and materials for the treatment
and conditioning of diverse RW have been developed and adopted over the history of
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the generation and use of nuclear power. Because of the simplicity and versatility of
solidification/stabilization of RW by cementitious materials, as well as long-term testing
and experience gained by practical usage, this technique is one of the main and most widely
used methods for converting various low- and intermediate-level radioactive wastes (LILW)
into a safe form [17–19].

RW cementation remains a developing area in the RW management system. Progress
in this field has also been supported by significant achievements in materials science, partic-
ularly in the chemistry of inorganic binders, as well as in the processing of a wide range of
materials. Advances in cement theory and technology significantly impact improvements
in RW cementation technology, the quality of fresh and hardened wasteforms, RW loading,
and the reliability and sustainability of the nuclear industry. Portland cement (PC) has been
the only cementitious material for LILW immobilization for a long time. The consistent
implementation of supplementary cementitious materials and chemical additives for PC
and PC concretes in recent decades and achievements in this area led to the increasing
application of blended and modified PC-based systems in RW cementation [20–22]. It
turned out the introduction of pozzolanic and chemical modifiers into PC remarkably
improved not only the technological and engineering performance of waste forms but
that it could also be used to control the reaction products assemblage and structure of
hardened materials, action mechanism of immobilized contaminants, and mineral matrix.
Consequently, PC in combination with mineral and chemical modifiers is now normally
used and adopted into the practice of RW cementation.

In the past decades, non-Portland clinker alternative binders have emerged as another
progressively developing direction. Non-Portland clinker alternative binders are promising
for sustainable development of the cement industry and for advancing RW solidification
technology [23–32]. Alternative or so-called non-traditional cements form a large group of
binders, significantly differing from PC and from each other in terms of the composition and
type of the raw materials, composition of the reaction products, the mechanism of formation
of the hardened cement pastes, research experience, adoption, and practical application.
Most alternative cements are special cements developed in attempts to eliminate the
ecological and technical disadvantages of PC and/or develop special binders for special
non-building applications. Certain alternative binders presented in Table 1 have become
promising for the partial replacement of PC for RW solidification.

Table 1. Alternative cements and their characteristics.

Cementitious Material
(Abbreviation)

Reaction Products Providing RW
Immobilization (Reaction Process

Mechanism)

Specific Properties Adoption Experience

Calcium aluminate cement
(CAC)

2CaO·Al2O3·8H2O, Al(OH)3
(dissolution-precipitation)

fast hardening, high strength, low
permeability, high freeze-thaw,
corrosion resistance

France [33]

Calcium sulfoaluminate
cement (CSAC)

3CaO·Al2O3·3CaSO4·12H2O,
3CaO·Al2O3·3CaSO4·32H2O, Al(OH)3
(dissolution-precipitation)

Magnesium silicate cement
(M-S-H cement)

M-S-H gel
(dissolution-precipitation)

Phosphate cements Magnesium phosphate cement (MPC) Fast setting, high early strength,
adhesive properties, low water demand
and drying shrinkage, high temperature
and chemical resistance

Russian Federation,
USA [34–38]

Calcium phosphate cement (CPC)

Alkali-activated cement
Alkali-activated slag cement (AASC) Fast setting, high strength, low porosity,

and high temperature and chemical
resistance

Ukraine [39]

Geopolymer (GP) Australia, Czech Republic,
Slovak Republic, France,
USA [40–45]
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Years of experience in research and application have demonstrated the effectiveness of
alternative binders for the immobilization of toxic materials and RW [23–32]. The reactive
phases obtained with alternative cements have diverse compositions compared with those
obtained with PC, where the former are characterized by lower solubility and better ion
exchange properties, different pH, hardened pastes demonstrate faster hardening, lower
permeability, and durability. Moreover, due to the complexity of the starting materials,
the cement flexibility is impacted by a greater number of contributing factors, enabling
versatile design of the cementitious wasteforms, control of the composition of the reaction
phases, and the achievement of desirable performance. Therefore, alternative binders have
expanded the possibilities and perspectives for the cementation of toxic materials and RW
from the following aspects:

− In some cases, higher efficiency for both physical and chemical immobilization of
heavy metals and radionuclides;

− Widening the acceptance of wastes that can be treated and conditioned by cementation;
− Optimizing waste cementation technology in cases of problematic waste components,

providing faster curing of cementitious wasteforms, and eliminating the need for
waste pre-treatment;

− Enabling the use of alternative binders as adsorbents and chemical additives.

The scientific and practical interest in the use of cementitious materials as a whole and
the research and adoption of alternative cements, in particular, has only increased in recent
years. This study reviews recent trends and achievements in the development of calcium
aluminate, calcium sulfoaluminate, phosphate, magnesium silicate, and alkali-activated
cements as cementitious matrices for RW stabilization/solidification.

2. Alternative Cements as Cementitious Materials for RW Immobilization

2.1. Calcium Aluminate (CAC) and Calcium Sulfoaluminate Cements (CSAC)

The production of CAC and CSAC cements, similar to PC, is based on the heat
treatment of a prepared mixture of natural rocks, including limestone, bauxite, and gypsum
(in the case of CSAC), leading to the formation of hydration hardening minerals. The
mineral composition of the resultant clinker of CAC and CSAC cements differs from that
of PC, and heat treatment of the former two cements is carried out at lower temperatures.

2.1.1. CACs

CAC consists mainly of monocalcium aluminate (CaO·Al2O3 (CA)), with some sec-
ondary minerals, such as CaO·2Al2O3 (CA2) and 12CaO·7Al2O3 (C12A7) [46,47]. At tem-
peratures of 22–30 ◦C in the presence of water, CA is gradually converted into dicalcium
aluminate hydrate (2CaO·Al2O3·8H2O) in the form of lamellar crystals of a hexagonal
system through a dissolution–precipitation mechanism. Simultaneously, gel-like aluminum
hydroxide, Al(OH)3, with sorptive properties is formed.

CAC is an effective matrix for immobilizing RW as it undergoes fast hardening, and
the hardened CAC pastes have high strength, low permeability, and high freeze–thaw and
corrosion resistance. The sorptive ability of Al(OH)3 and ion-exchange ability of ettringite
(formed with the introduction of lime and calcium sulphate) [48,49] provide the chemical
binding of many contaminants by CAC-based matrices. It is necessary to add to the listed
advantages the applicability of CAC in respect of tolerance with the waste components
retarding the setting and hardening of PC. The feasibility of CAC and blended CAC for
cementation of waste containing Cr, Cd, Pb, Zn, Mg, Sn, Cs, liquid borates, radioiodide,
etc., has been demonstrated [50–54].

The chemical binding of hazardous and radioactive contaminants by CACs can be
improved by introducing various mineral admixtures in which reaction products with ion-
exchange properties are formed. It is feasible to include up to 50% calcium sulfate, in the
form of gypsum or anhydrite [48] or 5–10% slaked or non-slaked lime and limestone [49],
into CAC-based cement matrices. These additives form calcium sulfoaluminate and provide
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siliceous mineral materials for the formation of zeolitic phases [52], thereby improving the
technological and physical–mechanical properties of CACs.

CACs are used in France for (non-radioactive) hazardous waste encapsulation [33].
Recently, CAC has been studied for the solidification and stabilization of ion-exchange

resins (IERs) [55,56], as well as Sr and Cl ions [57,58]. Kononenko et al. [55,56] reported that
CAC introduced with 137Cs sorbent (modified diatomite) can be incorporated with 22–25%
more of a mixture of ion-exchange resins (IERs) (Na+, NO3−) and 50–83% of a (Na+, B4O7

2−)
mixture, as compared with PC-based matrices. In order to prevent the decomposition of
CaO·1.64Al2O3 under the action of B4O7

2− and preclude the accompanying decrease in the
strength of the wasteforms, the authors proposed suppressing the reactivity of B4O7

2− ions
by treating IERs with alkaline earth metal (Ca, Sr, Ba) nitrates, resulting in the formation of
insoluble alkaline earth metal tetraborates.

2.1.2. CSAC

Regardless of the merits of PC, one drawback is the shrinkage of PC-based materials.
Attempts to create shrinkage-free cement have led to the development of CSACs. These
special cements can be shrinkage compensating, expansive, and self-stressing, and are used
for various purposes. The invention and manufacture of CSACs were introduced between
the 1960s–1970s of the last century. Currently, CACS are produced in industrial volumes.
Since 2004, 1.2–1.3 million tons of CACs has been produced globally each year [59].

The main mineral in CSAC, comprising 30–70%, is tetracalcium trialuminate sulfate
C4A3S (4CaO·Al2O3·SO3) ye’elimite, also known as Klein’s compound [60]. The second
most important mineral in sulfoaluminate–belite cements is belite C2S–2CaO·SiO2 [61,62].

CSA clinker is ground simultaneously with 25% gypsum for the purpose of regulating
the setting, strength, strength development, and soundness. Introducing other admixtures,
such as PC and limestone, is also possible and effective [30,63,64]. During the interaction
of calcium sulfoaluminate with water, calcium monosulfoaluminate hydrate (AFm), and
aluminum hydroxide are formed as follows:

C4A3S + 18H → C3A·CS·12H + 2AH3

The AFm phase belongs to the lamellar double hydroxide family. Its crystal structure
is composed of positively charged main layers of [Ca2Al(OH)6]+ and negatively charged
interlayers of [1/2 SO4·nH2O]− [65].

In the presence of gypsum, the interaction of C4A3S with water is accelerated. In
addition to amorphous aluminum hydroxide, ettringite (3CaO·Al2O3·3CaSO4·32H2O or
C3A·3CS·32H) is formed, where the molar ratio of C4A3S to CS is no less than 1:2. This
process occurs via the following reaction:

C4A3S + 2 CSH2 + 34H → C3A·3CS·32H + 2AH3

A mixture of ettringite (C3A·3CS·32H) and C3A·CS·12H may also be formed, with the
full consumption of gypsum in the reaction.

Ettringite is composed of positively charged [Ca3Al(OH)6]3+ columns and negatively
charged channels of [3/2SO4·nH2O]3−. The structural flexibility of AFm and ettringite in
terms of ion exchange provides CSACs with the ability to chemically bind many elements
of both anionic and cationic nature [66–68] (Figures 1 and 2).

The intensive hydration of C4A3S and the binding of free water enable fast consol-
idation of the structure, short setting, and accelerated strength development. Ettringite
formation is accompanied by a volume increase in the solid phase [49]. The hydration of
C2S causes prolonged strength development and facilitates the relaxation of pressure in
the crystallization of ettringite. Strätlingite (C2ASH8), C-S-H, CAH10, or siliceous hydrog-
arnets can also be formed depending on the clinker composition, presence, and type of
supplementary cementitious materials [30].
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Figure 1. Structure of ettringite: positive columns [Ca3Al(OH)6]3+ (green), negative channel
[3/2SO4·nH2O]3− (blue), and replaceable Ca (green black); (a) c view, (b) b view [68].

 

Figure 2. Scanning electron microscope image of ettringite crystals. Bar = 20 μm [69].

Numerous studies [30,70–74] have shown the following features of CSACs as matrices
for the immobilization of toxic substances and RW:

− Accommodate heavy metals (Cr, Pb, Zn, Cd, etc.) and IERs;
− Enable the immobilization of waste that is problematic for immobilization by PC, such

as those containing Al and U and wastes that produce hydrogen by interacting with
cement and radioactive sludge with a high content of sulfate and borate ions;

− Allow for the precipitation of radionuclides as hydroxides (for example, Sr(OH)2)
due to the lower pH of hydrated CSACs while potentially decreasing the corrosion
reactions of some encapsulated metals, such as Al;

− Shorten the waste cementation process owing to the high rate of hydration, and avoid
pre-treatment, enabling the solidification of wastes containing components that make
setting and hardening of PC-based systems difficult, for example, B, Zn, and waste.
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Studies on the mechanism of solidification of borates by CSACs depending on the
presence and content of gypsum and the pH have been continued by Champenois et al. [72],
Chen et al. [75], and Cau-Dit-Coumes et al. [70]. Chen et al. [75] observed a dense amor-
phous ulexite layer with a foil-like morphology and a thickness of approximately 100 nm
(Figure 3). This layer fully covered the surface of CSA clinker particles three days after
mixing with 0.5 M borate solution at pH < 7, which strongly impeded the dissolution of
ye’elimite. Champenois et al. [72] studied the hydration of CSAC incorporated with 0 and
10% gypsum in the presence of 1 mol/L borate ions at pH 11 and revealed that the retarda-
tion reaction of the fresh paste increased with the gypsum percentage and was correlated
with the content of ulexite (NaCaB5O9·8H2O). The gypsum content affected the pH of the
cementitious system and, consequently, the amount of ulexite formed. Cau-Dit-Coumes
et al. [70] investigated the combined influence of lithium hydroxide (as an accelerator) in
CSAC and sodium borate on the hydration of CSACs containing 0 or 10% gypsum. The
simultaneous presence of borates and lithium led to the superimposition of acceleration and
retardation effects. In the gypsum-free system, lithium promoted precipitation of the bo-
rated AFm phase. Authors believe that lithium salts can counteract the retardation caused
by sodium borate. The results presented by Xu et al. [68] and Guo et al. [76] contribute
to the understanding of the mechanism of immobilization of contaminant simulants in
ettringite. Xu et al. [68] reported that hardened CACs due to binding capacity of ettringite
and Al(OH)3 along with the dense physical structure of hardened paste were better in
the leaching performance of Cs+ and Sr2+, in comparison with the PC-based cementitious
matrix (Figure 4). The authors proposed two superimposed mechanisms of Cs+ leaching:
(i) a first-order reaction between the surface of the radwaste matrix and the leachant, (ii)
diffusion of Cs+ through the waste matrix, (iii) release of loosely bound Cs+; (i) diffu-
sion/dissolution of Cs+ and (ii) release of loosely bound Cs+. The authors described Sr2+

leaching using a combination model, including the dissolution and diffusion of Sr2+ and
the release of loosely bound Sr2+ in the wasteform. Guo et al. [64] revealed differences in
the interaction mechanisms of I−, IO3−, and ettringite. The authors observed minimal I−
incorporation into ettringite (0.05%), whereas IO3− demonstrated high affinity for ettringite
through anion substitution for SO4

2− (96%). Substituting IO3− for SO4
2− was energetically

favorable (−0.41 eV), whereas an unfavorable substitution energy of 4.21 eV was observed
for I− substitution.

 
Figure 3. TEM image of powder CSA clinker after 3 days hydration with borate solution [75].
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Figure 4. Leaching rate (Rn) and cumulative leaching fraction (CLF) fitting curves for Cs+ (a) and
Sr2+ (b) [68].

Xu et al. [77] improved the performance of cementitious wasteforms based on CSAC
and IERs by incorporation of MK in order to increase the resistance of IERs to prolonged
water immersion. Cemented by optimal composition of 40 wt.% spent resin, 55.8 wt.%
sulfoaluminate cement, 2.2 wt.% MK, and 2 wt.% water reducer, the resin loading in
wasteforms was as high as 64% and the compressive strength of hardened wasteforms was
13.7 MPa. It is supposed that MK as an Al source promotes the formation of ettringite,
thereby improving the stability of the solidified IERs in acidic environments or during
frequent freezing-thawing. Moreover, a greater amount of ettringite provided the retention
of Cs(I), with a 42 d leaching rate of 2.3 × 10−4 cm/d.

2.2. Phosphate Cements

The production of phosphate binders is based on the synthesis of phosphate com-
pounds using acid-base reactions of solids of a basic nature (CuO, FeO, ZnO, CaO, MgO,
etc.) and highly reactive liquid activators comprising phosphate anions. Activators, such
as aqueous phosphoric acid (mainly orthophosphoric acid H3PO4) and acid phosphate
salt solutions, can be used. These include solutions of KH2PO4, NH4H2PO4, and CaHPO4.
In addition to fundamental differences in the mechanism of the formation of the hard-
ened paste, phosphate binders have a wider chemical and structural composition than
other types of binders, as proven by the evaluation of a number of fundamental chemical
characteristics of phosphate compounds.
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Orthophosphoric acid is polybasic and has three stages of ionization, enabling multi-
dimensional stereometric chemical binding and the formation of numerous connection
options with varying degrees of substitution (mono-, di-, and trisubstituted salts). An
important source of strength formation is also the structural characteristics of phosphoric
acid and phosphates with a branched network of hydrogen bonds. Finally, orthophosphoric
acid and its derivatives have a high predisposition for association with functional groups,
polycondensation, and complexation [78].

The powder part of phosphate cements influences the binding properties of the sys-
tems “oxide-phosphoric acid” and the ionic potential of cations in the oxide. The conditions
for activating the binding properties of the oxide-orthophosphoric acid systems are listed
in Table 2.

Table 2. Conditions of exhibiting binding properties of oxide-orthophosphoric acid systems [47].

Oxide
Electron Work
Function, eV

Ionic Potential
of Cation, z/r

Conditions of Exhibiting
Binding Properties

SiO2, TiO2, Al2O3, ZrO2,
MnO2, Cr2O3, Co2O3,

SnO2

>4.5 5.0 Intensification of acid-base
interactions required

Fe2O3, Mn2O3, NiO,
CoO, FeO, CuO 3.3–4.3 2.5–4.4 Hardening in normal

conditions

Nd2O3, La2O3, MgO,
ZnO, CdO 2.5–3.3 2.0–3.0 Passivation of acid-base

interactions required

CaO, SrO, BaO, PbO <2.0 1.4–2.0
Emergency measures of
passivation of acid-base

interactions required

Magnesium (MPCs) and calcium phosphate cements (CPCs) are the most promising
for RW cementation purposes. These cements have been widely studied and have already
obtained practical adoption.

2.2.1. MPCs

The raw materials for MPCs are orthophosphoric acid (or (NH4)2HPO4 (diammonium
hydrogen phosphate) and MgO, which is a product of the thermal treatment of magnesite
MgCO3. The main reaction product of these interactions is struvite (NH4MgPO4·6H2O)
produced by the reaction MgO + (NH4)2HPO4 + 5H2O → NH4MgPO4·6H2O + NH3, which
determines the setting and hardening of this type of phosphate cement. Mixing MgO with
KH2PO4 results in the formation of struvite-K.

The performance of MPCs is mainly controlled by the magnesium to phosphorus
(M/P) ratio and the water/solid (W/S) ratio [79].

MPCs combine the high ion-exchange capacity of struvite, near-neutral pH, and
high physical–mechanical properties of hardened paste, such as quick setting, high early
strength, adhesive properties, low water demand and drying shrinkage, high temperature,
and chemical resistance [34,80,81]. The struvite structure is able to take on many elements
(Figure 5) [34], including monovalent cations (NH4+, K+, Rb+, Cs+, Tl+), divalent cations
(Mg2+, Ni2+, Zn2+, Co2+, Cd2+, Cr3+, Mn2+, VO2+), and trivalent oxyanions (PO4

3− and
AsO4

3−) [34] (Figures 5 and 6).
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Figure 5. Crystal structure of struvite [82].

 

Figure 6. Micrographs of the MPC sample (M/P = 4/1, w/s = 0.14) [83].

Thus, solidification can be realized for a wide range of wastes:

− Chloride, nitrate, and radioactive nitrate-, nitrite-, and sulfate-containing solutions [84–87];
− Cs- and plutonium-contaminated ash [35,36,83,88,89];
− Reactive metals (Al, Mg, and U), which may corrode at high pH [90–95].

In addition, the H2 radiolytic yield of MPC-based materials is 2–3 times less than
that of PC-based materials because most of the mixing water participates in K-struvite
formation. Gamma irradiation at a dose of 10 MGy has no notable effect on the mechanical
performance and mineralogy of MPC mortars [96]. Bykov et al. [97] proposed a model
of cement radiolysis in MPCs-based materials. The comparison of the radiation stability
of PC and MPCs under γ-irradiation up to the absorbed dose of 100 MGy showed that
the radiation-induced chemical decomposition of the materials in water was accompanied
by the evolution of hydrogen. The evolution was retarded as the dose increased, where
the limiting gas concentrations (~2.6 and ~0.7 L kg−1 for PC and MPC, respectively) were
reached at ~20 MGy, demonstrating that oxygen was entrapped by the constituents of
the materials.

With the purpose to reduce the risk of radiolytic gas generation, as well as the corrosion
of reactive metals in studies [98,99], MPCs were incorporated with fly ash (FA) and blast
furnace slag (BFS). Gardner et al. [100] studied the behavior of blended MPCs at elevated
temperatures to determine how waste packages behave when exposed to fire. The purpose
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of research was formulated after fire and subsequent radionuclide release at the Waste
Isolation Pilot Plant (WIPP) in the USA in 2014 [101]. Hardened pastes were exposed to a
range of temperatures between 400 and 1200 ◦C to study the high-temperature behavior of
FA/MKPC and GBFS/MKPC. At 400 ◦C, the dehydration of struvite-K (MgKPO4·6H2O)
was observed, leading to the loss of long-range crystallographic order. In the blended
FA/MPC and GBFS/MPC binders exposed to temperatures of 1000 and 1200 ◦C, the forma-
tion of potassium aluminosilicate minerals (leucite and kalsilite), among other crystalline
phases (hematite, spinel, and forsterite), was detected. The authors concluded that although
the reactive phases assemblage and microstructure of the FA/MPC and GBFS/MPC binders
were considerably altered at high temperatures, the binders formed stable products while
retaining physical stability, with no evidence of spalling/cracking.

The possibility of solidifying borate-and nitrate-containing wastes was recently in-
vestigated by Lahalle et al. [102], Kononenko et al. [103], and Tao et al. [104]. Lahalle
et al. [102] proposed a mechanism of retardation of MPC in the presence of borates. B(OH)3
slows down the formation of hydrates in two ways: (i) by stabilizing in solution the
cations that outbalance the negative charges of the polyborates formed at pH > 6 and
(ii) through the precipitation of an amorphous mineral containing borate and orthophos-
phate. The first process proceeds in both diluted suspensions and pastes, whereas the
second is specific to pastes. Kononenko et al. [103] used struvite-K (KMgPO4·6H2O) and
struvite (NH4MgPO4·6H2O)-based phosphate binders as a matrix for the solidification
of liquid wastes. Authors simulated evaporator bottoms for a pressurized water reactor
nuclear power plant (PWR NPP) with the following composition: NaNO3—236.6 g dm−3;
H3BO3—168.2 g dm−3; NaOH—189.6 g dm−3; total salt content—509 g dm−3 (37.3 wt%);
pH—11.8; solution density—1.364 g cm−3. The borates promoted struvite synthesis. The
designed matrices contained up to 17–17.5 wt% salts, which was 1.7–2.5 times greater than
that of the PC-based matrices. The volume of the struvite-based matrix was 1.6 times
larger than the volume of the liquid waste from which it was obtained. With a Cs-selective
nickel-potassium ferrocyanide sorbent or 10–20% MgO in excess of the reaction stoichiom-
etry, the average rate of 137Cs leaching from the cementitious wasteform was less than
10−3 g·cm−2.d−1, with a mechanical strength over 5 MPa. Tao et al. [104] reported that
incorporating simulated high-nitrate waste into MPCs changed the crystallization degree
of struvite-K, where the microstructure changed from dense, plate-like, and prismatic
crystals into loose, cluster-like crystals when the amount of nitrates exceeded 5%. Incorpo-
rating simulated high-nitrate waste into MPCs also retarded the hydration of the MKPC
specimens and increased their porosity.

Vinokurov et al. [88] in 2009 studied MPCs as matrices for the solidification of simu-
lated liquid alkaline high-level wastes containing actinides, as well as fission and corrosion
products. These studies were continued by Lai et al. [81] who investigated the rapid im-
mobilization of Cs and Sr in wastes from the PUREX process. The compressive strength
of cemented wasteforms incorporating up to 50 wt% waste was 4.2 MPa and 13.2 MPa at
an M/P ratio of 1 after 3 h and 1 d, respectively. The leaching rates of Sr2+ and Cs+ from
the cemented forms were less than 10−7 g/m2/d and 10−4 g/m2/d, respectively. Zhenyu
et al. [105] combined the benefits of ceramics and MPC materials. Particulate solidified
ceramic forms with a composition of Ca0.8Ce0.1TiSiO5 were first prepared by heating at
1300 ◦C for 2 h and then introduced into an MPC-based matrix. The obtained solidified
forms demonstrated excellent mechanical properties, high-temperature stability, soaking
resistance, and freeze–thaw resistance. The compressive strength of the samples decreased
with increasing ceramic content, reaching 27.8 MPa with 50 wt% loading of the ceramic.
However, the leaching rate of the simulated nucleus was found to be 1.86 × 10−7 cm/d,
which was less than that of the solidified ceramic form.

Pyo et al. [106] stated that radioactive concrete waste generated during the decommis-
sioning of nuclear power plants can be effectively solidified using MPCs. The replacement
of MPCs with 50% concrete waste even increased the compressive strength from 41 to
56 MPa. Moreover, the compressive strength remained >45 MPa after thermal-cycling and
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water-immersion tests. The leaching indices of Cs, Co, and Sr, analyzed according to the
ANS 16.1 procedure, were 11.45, 17.63, and 15.66, respectively.

However, based on a comprehensive analysis of solid waste-based MPCs, Zhang
et al. [107] pointed out that the promotion of long-term, dynamic, and multi-dimensional
research on MPC is an urgent task for the solid waste treatment of MPC.

MKPCs have also been described as “chemically bonded phosphate ceramics (CBPCs)”
or by the trade name “Ceramicrete” and have been extensively developed and tested in the
United States and Russia for conditioning various challenging nuclear wastes, including
plutonium-contaminated ash, heavy metal and radium wastes, and 99Tc-bearing wastes
(using SnCl2 as a reductant), as well as liquid Hanford vitrification wastes and Mayak salt
wastes [34–38].

2.2.2. CPCs

CPCs comprise the calcium phosphates of diverse compositions or their blends with
calcium salts (sulfate, carbonate, hydroxide, aluminate, calcium, etc.), magnesium or-
thophosphates, strontium, etc. [108–110]. The diverse combinations of calcium and phos-
phorus oxides (in the presence or absence of water) give a sufficiently large variety of
different calcium phosphates; therefore, a wide range of raw materials is available for CPC
production. The solubility in water, binding properties, and pH of the calcium phosphate
cement are substantially influenced by the Ca/P ratio.

Hardened CPCs consist of stoichiometric or calcium-deficient hydroxyapatite. Their
formation results from two reactions. A classic example of the first type of reaction is based
on acid–base interactions; for example, the reaction of basic tetracalcium phosphate and
acidic anhydrous dicalcium phosphate in an aqueous medium, leading to the formation of
poorly crystallized hydroxyapatite (HA) [111]:

2Ca4(PO4)2O + 2CaHPO4 → Ca10(PO4)6(OH)2

The second type of reaction involves the hydrolysis of metastable ortophosphate in an
aqueous medium [110].

Hydroxyapatite resembles the structure of zeolites, characterized by presence of
channels with diameters of 2.5 Å and 3–4,5 Å. Hydroxyapatite provides structural flexibility
in the ion exchange with contaminant ions, often containing trivalent lanthanides and
actinides, which can be replaced by Ca [22]. Hydroxyapatite also has low solubility, being
3–4 times less soluble than C-S-H and portlandite [30].

Recently, an efficient method for the consolidation of cobalt (Co(II))-adsorbed calcium
hydroxyapatite was studied to design a simplified route for the decontamination of the
coolant system of nuclear power plants and for the direct immobilization of the spent adsor-
bent [112]. Calcium hydroxyapatite nanopowder, produced by a wet precipitation method,
was used as an adsorbent, resulting in a 94% removal of a Co(II) surrogate from simulated
cooling water. The relative density after cold sintering was >97%; the obtained materials
had a high compressive strength of 175 MPa. The normalized leaching rate of Co(II) was
measured, as per the ASTM-C1285 standard, and found to be 2.5 × 10−5 g/m2/d. The
ANSI/ANS-16.1 test procedure was used to analyze the leachability of the sintered matrices,
where the measured leaching index was 6.5.

2.3. Magnesium Silicate Hydrate Cements (M-S-H Cements)

M-S-H cements are based on the interaction of MgO or Mg(OH)2 with amorphous
silica, resulting in the formation of a M-S-H binder gel. This type of mineral matrix is
relatively new among other cementitious materials for RW solidification but has already
received scientific attention. Walling et al. [113] stated that Magnox sludge waste (a
significant UK nuclear sector waste stream), consisting mainly of Mg(OH)2, can be used
as a primary constituent of M-S-H cement-based wasteforms, in combination with silica
fume and an inorganic phosphate dispersant. Feasibility studies for the immobilization of
Cs+/Sr2+ and Al by low-pH M-S-H cement have also been performed [114–116].
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2.4. Alkali-Activated Materials

Invented more than 70 years ago, chemical, and particularly alkali, activation of glassy
aluminosilicates—which is an approach for the non-fired or low-temperature production
of inorganic binders from various natural and technogenic starting materials—has gained
an ever-increasing appeal from the standpoints of theoretical research and industrial
implementation, including the stabilization/solidification technique. This is largely due to
the possibility of alkali-activated cements (AACs) achieving desirable properties, such as
high fluidity, enhanced chemical resistance in aggressive environments, enhanced chemical
tolerance to problematic and complex waste streams, potentially high waste loadings, and
resilience against security of supply issues [18].

The general mechanism for the formation of hardened paste through alkali activation
of glassy aluminosilicates consists of three different stages: (i) the destruction of aluminosil-
icate glass in an alkali medium, rupture of Si-O-Si and Al-O-Si bonds, and coagulation of
transitional species, (ii) coagulation–condensation, and (iii) condensation–crystallization
of calcium or sodium aluminosilicate hydrogel as a major reaction product [117,118]. The
distinguishing feature of AAC is the greater number of influencing factors than those in
PC-based systems. Generally, the formation process, structure, and properties of AACs
depend on many factors, including the following: (1) precursor factors, such as the shape
and size of the particles, crystal/vitreous phase ratio, and chemical composition (e.g.,
reactive SiO2/Al2O3 and CaO content); (2) alkali activator factors, such as type (MOH,
M2O·rSiO2 (SiO2/Na2O), and NaAlO2), molarity, pH, and addition methods (e.g., dry
form and solution form); as well as (3) processing factors, such as grinding and mixing
methods and the curing regime (e.g., temperature, humidity, and time) [28,119–124]. By
varying the controlling parameters, it is possible to design AAC-based cementitious materi-
als with pre-determined reaction products and physical performance, enabling efficient
RW encapsulation, as well as the sequestration of specific contaminants and wastes. As
alkali activation allows the use of precursors with a wide range of chemical compositions
in terms of the percentage of reactive Ca, Si, and Al, the reactive phases assemblage of
hardened AACs varies widely. Fast setting, high strength, low porosity, and high chemi-
cal and heat resistance are typical for the appropriate formulations of AACs. The range
of potential starting materials has changed and expanded continuously throughout the
history of AACs [28,119,125–128]. As regards the sources of AACs used as matrices for the
immobilization of RW; granulated BFS, FA, and MK; and their combinations, they are now
the basic precursors, whereas sodium and potassium hydroxides and silicates are normally
used as alkali reactants.

Historically, studies in the field of AACs as cementitious matrices for RW began in
the early 1990s, with initial studies on BFS-based AACs [39,129]. The alkali activation of
high-Ca precursors, including BFS, results in the formation of a tobermorite-like aluminum-
substituted calcium silicate hydrogel C-(A)-S-H [130,131].

Many studies [18,19,23,24,26,28–32,132–134] have demonstrated the efficiency of BFS-
based AACs for the solidification of wastes containing heavy metals (such as Zn2+, Pb2+,
Cd2+ and Cr6+, Hg2+, etc.) and radionuclides (Cs+, Sr2+), as well as sodium-borate-
containing liquid wastes, ion-exchange resins, etc.

Studies on the mechanisms of action of the BFS-based AACs with Cs+ and Sr+ have
been conducted in the last few years by several researchers [135–137]. Vandevenne
et al. [135] evaluated the mechanism of immobilization of Cs+ and Sr+ (0.5–2% wt%)
by 6 M NaOH-activated BFS-based AAC. The authors reported that Cs+ was almost fully
incorporated into the mineral matrix, whereas Sr2+ mainly precipitated as Sr(OH)2 through-
out the AAC-hardened paste. Huang et al. [136] reported that the addition of sodium
hexametaphosphate to sodium silicate/sodium hydroxide-activated BFS1 paste enhanced
the chemical binding of Sr2+ ions via hydroxyapatite formation and Sr2+ substitution. Mi-
crowave irradiation further increased the mechanical performance of the hardened pastes
and inhibited the leaching of Sr2+ ions from the matrices by strengthening hydration reac-
tions and Sr2+ encapsulation. According to Komljenovic et al. [137], introducing 2% and 5%

244



Sustainability 2023, 15, 689

Cs into sodium silicate BFS-paste increased the early strength of the hardened paste, with
no noticeable effect on the composition of the binder gel.

Since the end of the 70s of the last century, increasing attention has been paid to a
subclass of AACs now termed “geopolymers”, which are based on low-Ca or Ca-free
precursors, such as class F FA and MK. The major reaction product of alkali-activated FA or
MK is a three-dimensional, cross-linked, and structurally disordered sodium aluminosili-
cate hydrate gel, N-A-S-H (Figure 7). The binding gel comprises Si and Al in tetrahedral
coordination, connected by oxygen atoms in a pseudo-zeolitic framework structure. Si
exists in Q4(mAl) environments (1 ≤ m ≤ 4, depending on the Al/Si ratio of the gel). The
negative charge arising from Al3+ in tetrahedral (four-fold) coordination is charge-balanced
by the alkali cations provided by the activating solution, commonly Na or K. The secondary
reaction products are zeolites, such as hydrosodalite, zeolite P, Na-chabazite, zeolite Y,
and faujasite [118] (Figures 7 and 8). Such a reaction product assemblage is favorable for
the chemical binding of many contaminants, providing high immobilization potential,
accompanied by high physical–mechanical performance of the hardened wasteforms. Thus,
the geopolymers have higher efficiency than AACs based on high-Ca precursors, fueling
increasing studies in this field started by Davidovits et al. [40,41] at the end of 1990s. Thus
far, the binding efficiency of geopolymers for 37 elements, including Sr, Cs, Pb, Cr, and Zn,
has been proven [24,28,138,139]. However, the encapsulation of reactive metals and oils by
geopolymers and the radiolysis of water in the binder gel under gamma irradiation require
further investigation and new approaches [7,140–144]. It is worth noting that geopolymers
have been intensively and increasingly studied in recent decades for RW solidification
(Figure 9) [107].

Figure 7. N-A-S-H gel structure [118].
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Figure 8. SEM micrographs of N-A-S-H and zeolites [118].

Figure 9. Number of OPC-, GP-, and MPC-related references in the past 15 years [107].

The immobilization of Cs+ and Sr+ remains the subject of ongoing research. The
results presented by Walkley et al. [139] contribute to further understanding the mechanism
of Sr and Ca immobilization in MK-based geopolymers. The incorporation of alkaline
earth cations resulted in a minor decrease in the Si/Al ratio of the (N,K)-A-S-H gel; no
other changes were found for pastes hardened at 20 ◦C; however, in those cured at 80 ◦C,
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the incorporation of Sr appeared to promote the formation of zeolite A over the faujasite
zeolite phases. According to El Alouani et al. [145], the kinetics of Cs+ adsorption by AACs
followed pseudo-first-order and pseudo-second-order kinetic models, indicating that both
the physisorption and chemisorption mechanisms controlled the adsorption process. Many
studies have stated different ways for effective chemical immobilization of Cs and Sr by
geopolymers, such as: (i) in the form of clinoptilolite incorporated with Cs and Sr, Sr-loaded
zeolite A [146,147], (ii) Sr-loaded titanate spent adsorbents [148,149], (ii) Cs waste as an
activating solution [150–152]; (iii) Cs and Sr hydroxides [153], and (iv) sewage sludge ash
contaminated with radiocesium [154]. Lin et al. [155] reported that MK-based AAC safely
and effectively solidified IERs (up to12 wt%) for immobilizing both Cs+ and Sr2+. Tan
et al. [156] also found that the MK-based AAC binder exhibited better leaching resistance
than the PC binder in deionized water, solution of H2SO4, MgSO4, and acetic acid buffer.
The compressive strength of MK-based AAC declined to a lesser extent after freeze–thaw
cycles and high-temperature tests than that of PC.

Based on the presented data, Arbel-Haddad et al. [157] concluded that designing GP
formulations to provide a higher amount of zeolite F is reasonable for the production of
matrices to immobilize Cs, because Cs is mainly bound by zeolite F, rather than by other
reaction phases of low-Si MK geopolymers.

Curing at elevated temperatures and high-temperature sintering of the hardened
products, leading to the formation of different crystalline phases in AAC production, is
one approach for improving Cs+ immobilization. Fu et al. [158] observed the formation
of analcime and pollucite in Na- and Cs-rich MK-based systems cured at 170 ◦C under
hydrothermal conditions.

Chaerun et al. [159] found that K-based MK-GP incorporated with a chabazite ad-
sorbent was more effective than Na-based AAM or PC for the immobilization of Cs. The
crystallographically disordered nature of K-AAM and its pH were the main contributors
to K-ion migration and the structural change of aluminosilicate rings in chabazite, thus
resulting in the formation of K-type chabazite with amorphous properties similar to those
of K-AAM. Due to the similar ionic radii and retention selectivities of Cs and K, both
can be confined during the reconstruction of the aluminosilicate and are crystallized into
pollucite during the AAM fabrication process. Jain et al. [160] investigated the effect of the
Cs content on the reaction products and pore structure of FA-based geopolymers. A higher
Cs loading (≥8 wt.%) facilitated in situ pollucite crystallization within the FA-GP matrix
(cured at 90 ◦C for 7 d) and significantly enhanced Cs immobilization (leachability index
of 11.5–14.5).

Ahn et al. [161] investigated MK-based geopolymers for the solidification of sulfate-
rich HyBRID sludge waste, consisting of cristobalite (SiO2) and barite (BaSO4) as major
components. The K-based geopolymer had a higher mechanical strength (up to 14.3 MPa)
than the Na-based geopolymer, and could also solidify more HyBRID sludge waste, thereby
increasing the waste loading to 53.8 wt%. The pure geopolymer with the HyBRID sludge
waste exhibited good mechanical stability at a Si/Al ratio of 1.8. However, the highest
compressive strength was achieved for the geopolymer prepared with 40 wt.% HyBRID
sludge waste at a Si:Al ratio of 1.6. Authors attributed these differences to the consumption
of water and additional Si sources.

Kim et al. [162] investigated the potential of simulated borate waste (sodium tetrabo-
rate decahydrate (Na2B4O7·10H2O), sodium nitrate (NaNO3), potassium nitrate (KNO3),
calcium nitrate (Ca(NO3)2·4H2O), zinc nitrate (Zn(NO3)2·6H2O), and magnesium nitrate
(Mg(NO3)2·6H2O)) as raw materials for producing MK-based geopolymers, all of which
had higher compressive strengths than the PC-based cementitious wasteforms. The K-
geopolymers (40 MPa) had a higher 7 d compressive strength than the Na-geopolymers
(24 MPa). However, the compressive strength tended to increase in proportion to the
Si/(Al+B) ratio (1.3–1.5), irrespective of the type of alkaline cation. This variation was
attributed to the viscosity of the activator used for geopolymer formation, the atomic size
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of the alkaline cations, and the increase in the Si content. However, as shown in another
study [163], the addition of borax increased the reactivity and geopolymer polycondensation.

He et al. [164] compared the temperature-dependence (from 25 ◦C to 60 ◦C) and
environment-dependence of the kinetics of Sr2+ and Cs+ leaching during long-term leaching
tests and reported a low leaching rate and relatively high mechanical properties of Na
geopolymers. A high storage temperature and salt medium accelerated the leaching of Sr2+

and Cs+ from the matrix by enhancing the driving force of the leaching process and the
corrosion effect. Compared with the change in temperature, the leaching of Sr2+ and Cs+

is more sensitive to changes in the leaching medium, indicating that the corrosion effect
of the salt medium plays a more important role in accelerating the leaching of radioactive
elements and degradation of the immobilizing matrix.

The performance of AACs as cementitious materials can be effectively manipulated
by using mixed precursors. Combining Ca-rich and Ca-free starting materials in alkali-
activated systems produced chemically and structurally different binder gels, such as
calcium-containing (C-(A)-S-H) and calcium-free (N-A-S-H) [165,166] gels, as well as mixed
(C-N-(A)-S-H) gels. C-N-(A)-S-H represents mechanically strong gels consisting of crys-
talline tobermorite-like and amorphous cross-linked products with a relatively high content
of silica in Q1, Q2, and Q3 sites, which leads to the densification of the binder–gel mi-
crostructure [167–169]. Densification positively affects the physical–mechanical properties
and immobilizing properties of the matrixes [170–178].

AACs based on both high-Ca and Ca-free precursors demonstrated good effects in the
solidification of IERs with loadings up to 60% (by volume) (Table 3).

Table 3. The formulations and properties of AACs incorporated with IERs.

Precursor Alkali Reactant
Ion-Exchange

Resins
Details Ref.

Ground granulated
BFS—100% (wt%)

Na2SiO3·9H2O
(NSH9)+ sodium

hydroxide. (NaOH)
(5–7% by Na2O)

Loading of
cationic borate

IERs 35% by
volume (pH

8.5–10.5)

28 d compressive
strength up to

7.3 MPa
[179]

Ground granulated
BFS—31–48% (wt%),
wollastonite—6–8%

(wt%)

9–12 M NaOH
(SiO2/Na2O = 0.8

and
SiO2/Al2O3 = 50)

Loading of wet
IERs 45%, dry
IERs 22% (wt))

28 d compressive
strength up to

22 MPa.
(SiO2/Na2O = 0.8

and
SiO2/Al2O3 = 50)

[180]

MK 90%, Ground
granulated

BFS—31–48% (wt%)

Sodium
silicate/sodium
hydroxide 58%

(wt%)

Loading of wet
IERs 12% (wt)

28 d compressive
strength 13.9 MPa [155]

FA 56% (wt%) NaOH/Na2SiO3
28% (wt%) 10% (wt) 28 d compressive

strength 13.9 MPa [181]

Ground granulated
BFS—35–40% (wt%),

bentonite 2.5–8%,
Ca(OH)2—4–5%, or

OPC—8–10%

Na2SiO3·5H2O—6%
or Na2CO3—1.5–3%

Loading of
cationic and

anionic IERs 60%
by volume

28 d compressive
strength up to

18 MPa
[182]

In Czech Republic, the waste conditioning using geopolymers has been carried out at
the Dukovany NPP by the external supplier AMEC Nuclear Slovakia. By the end of 2012,
the Dukovany NPP Units 1 and 2 extracted, conditioned, and disposed of more than 200 t
of sludge and IX resins [42].

In Slovak Republic, AllDeco Ltd has developed a proprietary geopolymer matrix
(called SIAL) for embedding various intermediate-level wastes resulting from Slovak
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power reactors [163]. Some of the materials encapsulated in geopolymer matrices are
bottom sludges from the long-term storage of spent nuclear fuel elements, sludges from the
sedimentation tank of a reactor, and several other sludges. Some of the sludges are formed
from an emulsified mixture of organic compounds from the cooling media and contain
a large amount of calcium and magnesium hydrocarbonates. The activity of the 137Cs
in the sludges is ~105–108 Bq/L. Once these sludges were solidified in the geopolymer
matrix and placed in 60 L drums, the surface dosage on the drums was 10–20 mGy/h.
The D value for the 137Cs in samples taken from the drum was >8 for the ANSI 16.1
test and the compressive strength was 25 MPa. About 20 wt% (on a dry basis) of waste
was encapsulated. Organic ion exchange resins on their own and in mixtures of sludges
were also encapsulated in geopolymer matrices. It was possible to encapsulate ~20 wt%
(on a dry basis) for geopolymers compared to 10 wt% for OPC. These were placed in
200 L drums. The dosages on the drum surfaces were 130–600 μGy/h and the D value
(leachability index) for 137Cs was >9 on cut samples from the drums. All the drums used
were made from stainless steel. The SIAL matrix (geopolymer) has been accepted by the
Slovak Nuclear Authority (UJDSR) and the Czech Nuclear Authority (SUJB) for placement
in their respective repositories. AllDeco Ltd emplaced these drums in the Slovak repository
in 2003.

In Australia, ANSTO geopolymers derived from metakaolin and alkaline silicate
solutions with nominal Na/Al and Si/Al molar ratios of 1 and 2 were studied for the
stabilization of 137Cs and 90Sr with Cs inhabited the amorphous phase, whereas Sr was
incorporated only partly, being preferentially partitioned to crystalline SrCO3 [43,44].

In the USA, geopolymers with Si to Al ratios of 1 to 1 and 2 to 1 were investigated for
the stabilization of hazardous Resource Conservation and Recovery Act (RCRA) metals,
such as Ni, Se, Ba, Hg, Cd, Cr, and Pb [44]. Special geopolymer formulations, marketed
under the name DuraLith, have been patented for stabilization of 129I and 99Tc at Hanford
Waste Treatment Plant [44]. The DuraLith geopolymer is composed of three components: an
activator, a binder, and an enhancer [45]. DuraLith is an alkali-activated geopolymer waste
form developed by the Vitreous State Laboratory at The Catholic University of America
for encapsulating liquid radioactive waste. A DuraLith waste form developed for treating
Hanford secondary waste liquids is prepared by the alkali-activation of a mixture of ground
blast furnace slag and metakaolin with sand used as a filler material. The DuraLith geopoly-
mers demonstrates compressive strength above 27 MPa, and ANSI/ANS 16.1 Leachability
indexes for Tc as high as 9. Savannah River Site has used the FA-based geopolymer. The
Class F FA resulted from the burning of harder, older anthracite and bituminous coal and
is pozzolanic in nature, containing less than 7% CaO. Adding a chemical activator, such
as sodium silicate (water glass) to a Class F ash can form a geopolymer. The wasteform
geopolymer recipe contained in wt.%: waste granules 47.4, Class F ash 12.8, Na2O 2SiO2
44.1, NaOH (50 wt%) 12.5, and water 8.1.

3. Conclusions

Modern mineral matrices for nuclear waste immobilization now include a wide class
of cementitious materials with various chemical–mineralogical compositions, high en-
capsulation capacities, and technological and engineering performance, comprising not
only traditional Portland cements but also non-Portland clinker inorganic binders. Con-
sistent development of research in this field has extended the theoretical basis, potential,
and versatility of cementation technology. Based on the review and analysis of trends
and achievements in the immobilization of nuclear wastes using CACs, CSACs, M-S-H,
phosphate, and AACs, the following conclusions can be drawn:

1. Scientific and practical interest in the use of alternative cementitious materials for
nuclear waste treatment and conditioning has only increased in recent years.

2. The appropriate formulations of alternative cements combine the high ion-exchange
capacity and high physical–mechanical properties of hardened pastes, such as quick
setting, high strength, high temperature, and chemical resistance. The design of cemen-
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titious materials with “targeted” reactive phase assemblage and excellent physical–
mechanical performance is achievable by: (i) varying a range of factors that govern the
properties of binder systems; (ii) introducing supplementary cementitious materials
into CACs, CSACs, and phosphate cements.

3. Radionuclides (Cs, Sr, etc.), borate- and nitrate-containing wastes, oils, IERs, solid
wastes, etc., remain the subject of a great number of studies, most of which highlight
the superiority of alternative cements as solidifying matrices compared to PC in terms
of effective physical encapsulation and chemical binding of RW, the waste loading
rate, and durability of the cementitious wasteforms.

4. New insights into the mechanism of action of Cs, Sr, B, I, etc., as well as the resultant
reaction products, have been proposed by several researchers. Presented results
proved high efficiency of both chemical binding and physical encapsulation capacity
of alternative cementitious materials.

5. The cementation of RW as a “raw material” for cements is a new perspective trend
of cementation technique, demonstrating good results. Thus, Cs waste as an activat-
ing solution and simulated borate waste were used in recent studies for producing
geopolymers.

6. Several studies have demonstrated that phosphate cements and AACs are effective for
high-level waste immobilization. MPCs provided good results in rapid immobilization
of Cs and Sr in wastes from the PUREX process.

Further studies in the development of alternative-cements-based mineral matrices
for the solidification of various types of RW, as well as research into reaction mechanisms
of matrices and contaminants, long-term immobilization and durable performance of the
wasteforms, the behavior of the cemented wastes in emergency situations, new analytical
techniques, and predictive computational modeling of cementitious wasteforms, will
contribute to the further sustainable development of RW management systems.
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Abstract: Developing effective radioactive waste management practices is essential for ensuring the
sustainability of the nuclear industry. The immobilization of radioactive wastes is one of the main
activities conducted during the management of these wastes; it aims to produce a durable waste form
that has sustainable performance over long periods of time. In this work, the challenges that face the
design of durable cementitious waste forms are addressed for problematic operational wastes. In this
respect, the problematic characteristics of evaporator concentrates, spent ion exchangers, and organic
liquid wastes are overviewed, and the factors that affect the durability of their cementitious waste
forms are identified. A summary of potential conventional and innovative cementitious matrices is
presented by reviewing the cementation practices in national programs and recent research devoted
to developing durable matrices. Finally, a guide to optimize the mix design of these waste forms
was proposed that includes the selection of the testing procedure, factors that affect the waste form
performance, and the optimization technique. This guide was presented with special focus on
leaching tests, which are a means to test the stabilization performance of nuclear waste forms.

Keywords: radioactive waste; evaporator concentrates; spent ion exchangers; organic liquid wastes;
conventional cement; innovative cement; mix design optimization; leaching tests

1. Introduction

The nuclear industry is supporting the sustainability of human life, as the continuous
development of nuclear energy aims to secure sustainable, clean, and affordable energy and
clean water. Moreover, the advance in isotopic techniques aims to improve the agricultural
sector toward zero hunger, support the medical sector for good health and well-being,
enhance industrial innovation and infrastructure, and support efforts to protect life below
water and on land [1]. In general, the operation of the energy production sector results
in large extraction, processing, storing, and transportation of raw materials, as well as
processed fuel utilization and management of the generated wastes and emissions. The
sustainable development indicators for this sector comprise different economic, social,
institutional, and environmental dimensions. In particular, the environmental indicators
focus on resources, wastes and emissions (e.g., amounts and characteristics of the used fuel
and generated wastes and emissions), and land impacts [1–4]. Subsequently, the amount
of the generated solid wastes due to the production of unit energy (g/kW·h) is used as
an environmental indicator on the sustainability of certain energy sectors [1,3,4]. The
International Atomic Energy Agency (IAEA) compared this indicator for different energy
production industries for both upstream and operational processes, and the results are
summarized in Figure 1 [4]. It is clear from this figure that the upstream operations of
renewable energy sources generate very small amounts of solid wastes per unit energy
(300–0.98 g/kW·h) compared to that of the coal industry (3000 g/kW·h) (Figure 1a), where
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most of the generated solid wastes from the nuclear energy sector are non-radioactive
and non-hazardous wastes (0.97g/kW·h). The same results are shown for the operational
processes of these industries, where lignite coal generates the highest amount of solid
waste per unit energy. The nuclear industry generates total operational wastes comparable
to that generated from natural gas. Only 5.1% of these wastes have a radiological hazard:
where low and intermediate level radioactive wastes (LILW)represent 4.52%, and the rest
are high level wastes (HLW), spent fuels, and hazardous wastes (Figure 1b).

Figure 1. Amount of solid wastes generation per unit energy generation in different energy industries: (a) upstream
processes; (b) operational processes [4].

Although the nuclear energy industry generates small amounts of operational wastes,
the analysis of its sustainability considers emissions and radioactive waste generation
and management as key sustainability factors [4,5]. This is attributed to the radiological
hazards of these wastes and emissions that can last for long times, e.g., several decades for
short-lived LILW, according to the 10 half-lives rule of thumb. Subsequently, operational
and research efforts are directed at minimizing the waste generation and enhancing the
waste management practices, to eliminate the long-term impacts of these wastes on human
health and the environment. The management of radioactive wastes typically consists
of pre-disposal and disposal activities; the first is sub-categorized into pre-treatment,
treatment, and conditioning activities, as illustrated in Figure 2 [6]. Pre-treatment and
treatment activities aim to reduce the volume of generated wastes to enhance the safety
and/or reduce the costs of the subsequent management activities [7]. The treated wastes
are directed to immobilization then packaging, to fabricate a waste package that is able to
withstand handling and transport conditions and is durable under storage and disposal
conditions (Figure 2). The immobilized waste form should be designed and fabricated
in a way that ensures its sustainable performance for centuries in the case of LILW and
for millennia in the case of HLW. It should be noted that during the early era of the
nuclear industry, LILW were packaged and disposed of without immobilization. Based
on the lessons learned from early disposal practices, the waste immobilization activity
was introduced. Since then, a large number of research groups focused their work on this
topic: among these groups are the Atomic Energy of Canada Limited’s (AECL) Chalk River
Laboratories, Comisión Nacional de Energia Atómica (CNEA) in Argentina, the Scientific
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and Industrial Association (RADON) in the Russian Federation, Empresa Nacional de
Residuos Radioactivos S.A. (ENRESA) in Spain, the Brookhaven National Laboratory
in USA, etc. Detailed information on early immobilization and disposal practices can
be found elsewhere [8–18]. An analysis of the bibliometric data in the Scopus database
was conducted in order to gain insights into the scientific research interests in the field
of radioactive waste management in general and, in particular, on the topics related to
radioactive waste forms. The analysis conducted in July 2021 showed 57,887 documents in
the database using the keywords “Radioactive AND wastes”. The search was refined using
more keywords with the operator “AND”, and the results are summarized in Figure 3a–c.
It is noted that research related to radioactive waste forms represent nearly 10% of the
work that addressed radioactive waste (Figure 3a). The factors that affect its performances
represent about 8.72% of the research conducted in this field (Figure 3b).

Figure 2. Pre-disposal activities in a radioactive waste management system (copyrighted R.O. Abdel Rahman, et al., Improv-
ing the Performance of Engineering Barriers in Radioactive Waste Disposal Facilities: Role of Nano-Materials. In: Kharissova O.,
Martínez L., Kharisov B. (eds) Handbook of Nanomaterials and Nanocomposites for Energy and Environmental Applica-
tions. Springer, Cham, 1183–1200 [6]).

Figure 3. Bibliometric data in the field of radioactive wastes, the contribution of research related to (a) waste forms,
(b) radioactive waste immobilization, durability, and leaching. (c) relative contributions of immobilization media in
researches related to radioactive waste immobilization, durability and leaching.
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Cements, ceramics, glasses, and polymers are widely used as immobilizing matrices
for radioactive wastes; they contain and confine several types of radio-contaminants. The
sub-categorization of the refined bibliometric data for research directed at investigating
radioactive waste immobilization, durability, and leaching is illustrated in Figure 3c. These
data show that research focused on solving challenges in the application of cementitious,
glass, and ceramic wastes. Figure 4 shows a summary of the annual distribution of the
research conducted in the field of radioactive waste for glass and cement materials. It is
clear that the research related to the latter increased over the last 10 years compared to
that for the first (Figure 4a). The annual distribution of the published glass research in the
database is slightly higher than that of the cement research (Figure 4b).

Figure 4. Summary of the progress in the annual published research in the radioactive waste field:
(a) contribution of the published research in the last decade; (b) number of annual published research
in the last decade.

The immobilization of radioactive wastes in cementitious matrices is achieved via
two simultaneous processes, i.e., solidification and stabilization. The first aims to enhance
the mechanical performance of the produced waste form, and the second aims to reduce
the mobility of radio-contaminants [19]. In this paper, the focus is on challenges that face
the design of sustainable cementitious waste forms for problematic operational wastes.
In general, problematic wastes are wastes that require special considerations during the
selection of management options, owing to their specific characteristics [20]. Spent ion
exchangers, borate- and sulfate-containing wastes, organic liquid wastes, and decontamina-
tion solutions containing detergent, organic, and/or acidic solutions are operational wastes
that are considered problematic during the design of the cementitious waste forms [21–23].
If directly immobilized, some components in these streams interfere in the hydration reac-
tions of conventional Ordinary Portland Cements (OPC), leading to undesired micro- and
macro-changes in the produced waste forms that affect their solidification and stabilization
performances. To counteract these changes, the mix design of the cementitious immobiliza-
tion matrices is modified to include additives or use of innovative cements. The main aim
of this work is to summarize the key problematic characteristics of these waste streams,
assess the factors that affect the durability of the produced cementitious waste forms, and
identify the approaches used in designing these forms.
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2. Cementitious Matrices to Immobilize Operational Wastes

Cementitious matrices are widely applied as immobilization media to host several
types of radioactive wastes, and this application is supported by their [23–25]:

• Compatibility with different waste streams.
• Capability to activate different immobilization mechanisms.
• Chemical, thermal, and radiological stabilities.
• Low operational cost, ease of operation, and ambient temperature operation.
• Ability to maintain the high pH environment in the disposal facility.

These matrices are categorized into conventional and innovative matrices. The first
matrix is composed of a conventional hydraulic binder, i.e., Ordinary Portland Cement
(OPC) with or without additives, whereas the second includes calcium aluminate cements
(CAC), calcium sulfo-aluminate cements (CSAC), magnesium phosphate cements (MPC),
and alkali-activated cements (AAC) [23,26,27]. The design of cementitious waste forms
is a crucial process, aiming toward the achievement of a durable form that possesses
reliable long-term performance under storage and disposal conditions. During the design
phase, quality requirements on raw materials and the chemical and physical characteristics
of the waste stream should be considered [26–29]. In addition, the factors that affect
the operation of the cementation process, e.g., the setting time and flow-ability of the
paste and the radiological dose on the surface of the waste form, should be taken into
account. Finally, the nature of the storage or disposal concept and the required safety
functions of the waste forms are key aspects in identifying a proper mix design. In general,
the compressive strength, leaching resistance, and permeability are used as performance
indicators during the design of the cementitious waste forms to assess solidification,
stabilization, and hydraulic performances [30]. The design of the immobilization process
includes the following steps:

• Identification of the waste characteristics, e.g., components that influence the hydra-
tion reactions.

• Preliminary selection of the immobilization matrices components.
• Optimization of the mix-design, e.g., determination of the waste loading percentage,

cement to additive ration, cement to water ratio, etc.

2.1. Immobilization of Evaporator Concentrates

Evaporation is a conventional wastewater treatment technology that aims to reduce
the volume of the generated aqueous wastes; this technology is reliable and efficient
with decontamination factors in the range 104–106. Evaporators are usually used in the
combined aqueous waste treatment process in nuclear power plants and in centralized
waste management facilities. As a result of the evaporation process, the aqueous waste
splits into two streams: the first is of large a volume and very low radioactivity content
that could be discharged from the regulatory control, i.e., condensate, and the second is a
small volume stream that contains high radioactivity, i.e., concentrates or bottom residues.
Concentrates are usually classified as LILW, which are directed to post-treatment then
immobilization or just directed to immobilization, based on the selected immobilization
matrix type.

2.1.1. General Characteristics of Concentrates and Their Problematic Nature

Concentrates are high salt solutions with typical specific activity concentrations in
the range 106–108 Bq/L [31]. Major contaminants in the evaporator concentrates are fis-
sion products such as 137Cs, 60Co, 54Mn, borates (NaBO2 and Na2B4O7), nitrates (NaNO3,
KNO3), hydroxides (NaOH and KOH), and some organic compounds, i.e., oxalates [31–33].
In general, alkali and alkaline fission products, e.g., 85Sr, 137Cs, are characterized by their
respective high solubility in the cementitious matrices [34,35]. This behavior affects only
the stabilization performance of the waste form. Borates, phosphates, sulfates, nitrates, flu-
orides, and organic compounds are known for their interference in the hydration reactions,
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leading to them either retarding or accelerating the hydration process [23]. If the content of
these components is high enough, they can affect drastically the solidification, stabilization,
and hydraulic performances, e.g., the presence of sulfates at considerable amounts reduces
the setting time and was reported to cause false rapid setting and increase the expansion
and cracking of cement paste [21]. Radioactive borate wastes are produced in pressurized
water reactors (PWR). The typical characteristics of the evaporator concentrates, produced
from deep and normal evaporators installed in nuclear power plants (NPP) with pressur-
ized reactors of the water–water energetic reactor (WWER) type, are listed in Table 1 [36].
Despite the fact that there are clear variations in the composition of the concentrate in terms
of chemical composition and specific radioactivity, borate represents a major component in
this stream, which limits the waste loading to a very low wt.% [37].

Table 1. Typical characteristics of different evaporator concentrates in WWER.

Characteristics Salt Cake
NPPs Jaslovske

V-1 NPP V-2 NPP

pH - 11.3–13.3 11.2–13.2
Density, kg/m3 1500–1800 1414 -

Specific radioactivity, Bq/kg <3.7 × 107 <1.2 × 107 <3.39 × 105

Dry salt content, Kg/L 1.3–1.5 0.15–0.397 0.15–0.321

Chemical composition, g/L

Na+ 180–220 42–100 25.3–75
K+ 30–55 9.4–21.5 9.1–26

Н3BО3 280–350 73–160 64–117
Cl− 2–5 0.9–1.8 1.1–1.8

NO3
− 200–350 5–29.6 -

SO4
−2 10–15 14.5–24.8 -

Organic content 20–30 14.5–34.8 0.6–5.6

In particular, borates are known for their effects on the solidification process, i.e.,
strength reduction and the operability of the process, i.e., retarding effects. The effect of
borate on the hydration of different cementitious phases had been studied over the past
three decades. These studies indicated that [21,23,27,38–42]:

1. During tri-calcium silicate (C3S) hydration, borate will consume some of the formed
portlandite to form amorphous or poor crystalline calcium borate hydrates (CBHs).

2. The clinker grains will be partially or fully covered with an impermeable CBHs layer,
which in turn suppresses the hydration reactions.

3. The solubility of the CBH is affected by the changes in the pore solution pH and is
precipitated as crystallized phases at pH > 12 and the hydration is resumed.

A recent study that explored the immobilization of 5.26% B2O3 in OPC indicated that
the heat release during the early hydration stage is considerably affected by the presence of
B2O3 [39]. Within the first hour of hydration, B2O3 dissolution leads to a sensible increase in
the released heat (0–a in Figure 5a). Then, the heat release is suppressed (a–d in Figure 5a).
XRD patterns for OPC and OPC-B2O3 samples at 28 days showed that the formation of
ettringite and portlandite formation are hindered in the borated sample. The presence of
unhydrated phases, e.g., C3S and C2S, evidences the suppression of the hydration process
in that sample and the formation of CaB2O4. 4H2O refers to a reaction between the formed
portlandite at an early time with the borate. These changes were associated with a reduction
in the compressive strength from 46.4 to 6.6 MPa at 28 days [39]. Thus, the mix design of
specified evaporator concentrates should account for the effect of borate on the hydration
of the cementitious matrix. In addition, the durability of the waste from under long-term
exposure to environmental conditions and the radiation field should be accounted for
during the design [43,44].
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Figure 5. Effect of B2O3 on the hydration of ordinary Portland cement 42.5: (a) heat flow; (b) XRD patterns for 28-day
hydrated cement (copyrighted Q. Zhao, J. Tu, W. Han, X. Wang, Y. Chen, Hydration Properties of Portland Cement Paste
with Boron Gangue, Advances in Materials Science and Engineering (2020) 7194654, 9 pages, https://doi.org/10.1155/2020
/7194654).

2.1.2. Potential Cementitious Immobilization Matrices for Concentrates

Both conventional and innovative cementitious waste matrices have been evaluated
and practiced, to immobilize evaporator concentrates. The conventional cementitious waste
form relies on the use of OPC and one or more additives; typical additives include alkali
and alkaline compounds, waste minerals, and clay minerals [21,23,27,36,45–55]. Table 2
summarizes the additives widely used for evaporator concentrates immobilization and
their effects on the hydration process and the stabilization of the radio-contaminants [23].

Table 2. Potential additives used in designing an evaporator concentrate waste form.

Category Compound Effect on Hydration Effect on The Stabilization

Alkali and alkaline
compounds

LiOH Accelerators to enhance the super-saturation of
the liquid phase during early hydration stage

-NaOH
Na2SiO3
Ca(OH)2 Calcium sources and pH buffer Stabilize amphoteric elements

CaCl2
Accelerator with several acceleration

mechanisms -

Waste
BFS *

Pozzolanic materials

Reducing agent to enhance
metal precipitation

Bind alkali and
alkaline metals

Fly ash Enhance the contaminant
sorption and ion-exchange

Clay mineral

Benotnite

-
Enhance the contaminant

sorption and ion-exchange
leading to reduced leaching

Zeolite
Vermiculite
Diatomite

Siliceousmineral Reducing C/S ratio in CSH -

* BFS = blast furnace slag.

Blends of OPC and non-gypsum cements were investigated for their potential use
to solidify-simulated evaporator concentrates [40,56,57]. In a comparative study on the
effect of irradiation on a specific binder matrix designed to host evaporator concentrates
marked as “NP”, which was composed of 50%OPC and 50% non-gypsum cements, and
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OPC and NP loaded with simulated evaporator concentrates (NP-C) [56], it was found
that the presence of the dissolved salts e.g., nitrates, affects the performance of the latter.
The compressive strengths of the samples were enhanced after irradiation, yet surface
cracks were detected in NP and NP-C and were attributed to radiolysis drying [57]. Finally,
the effect of wet–dry cycles on the durability of NP and 50% non-gypsum cement with
50% metakaolin (NM), with and without 5% zeolite additives in the presence of pure fine
silica and calcium sulfo-aluminate cements (CSAC) containing simulated concentrates, was
investigated [40]. All the non-gypsum cement matrices showed enhanced solidification
performance in terms of compressive strength and flexural strength after exposure to
three wet–dry cycles. Despite CSAC showing superior compressive strength and water
absorption, its exposure to the cycles led to its distortion [40].

Calcium aluminate cements (CAC), calcium sulfo-aluminate cements (CSAC), magne-
sium phosphate cements (MPC), alkali-activated cements (AAC), and their blends with
OPC were studied to immobilize borate solutions. On the short term, these materials were
found to counteract the retarding effects of boron as follows [58–71]:

• CSAC loaded with borate have higher early strength compared to OPC. This result is
highly dependent on the gypsum content in the CSAC and/or the sodium content in
the mix design [58,59].

• Optimized AAC based on the fly ash and slag reduced the diffusion of boron in the
fly ash-based matrices 100 times less than that in OPC.

• AAC based on using NaOH activator and slag cement was found to counteract the
retarding effect of boron if the activator is properly optimized. The use of 7% NaOH in
AAC yielded a compressive strength >49.7 MPa at 9–10% sodium borate loading [64].

• Geopolymers were investigated to immobilize borate wastes, where AAC based on
metakaolin and silica fume activated with KOH was found efficient in immobilizing
9–14% borate wastes with a 7-day compressive strength in the range 19–40 MPa.

• Geopolymer, known as DuraLith, has been investigated as alternative for conventional
cement-based matrix to immobilize the secondary wastes from Hanford waste treat-
ment plant in USA. The secondary wastes include evaporator concentrates and melter
scrub solutions. DuraLith is AAC based on mixture of ground BFS and metakaolin
with sand used as a filler material. It demonstrates compressive strength above 27 MPa
and American National Standards Institute/American Nuclear Society (ANSI/ANS)
16.1 leachability indexes for Tc as high as 9 [69–71].

• CSAC supplemented with Ca(OH)2, zeolite, accelerator, and Dura fiber was found
to stabilize boron and have a compressive strength 13.9 MPa and alkali and alkaline
elements leaching rates in the range 10−5–10−7 cm/d.

• The use of OPC-CAC and OPC-CSAC was found to be effective in stabilizing the
boron in the Al2O3–Fe2O3-mono sulfate (AFm) and tri-sulfate (AFt) phases [65].

2.2. Immobilization of Spent Ion Exchangers

Ion exchangers/sorbents are widely used to remove/separate various radionuclides;
it is applied for effluents of low salt content, compared to evaporators. In particular, ion
exchangers are used in nuclear reactors to control system chemistry, minimize corrosion or
degradation of system components, remove radioactive contaminants, and clean and de-
contaminate aqueous streams. Exchangers are widely used to treat the primary coolant, wet
storage waters, steam generator blow down, boric acid, and condensate in boiling water re-
actors (BWR). This technique has efficient performance in removing and separating a wide
range of elements. In addition, there are large choices of exchangers/sorbents available at
the commercial scale, and its operation is known to be of low cost and easy. Yet, the opera-
tion is sensitive to the presence of organic contaminants, high salt content, colloidal/pseudo
colloidal radionuclides and the extent of nonionic or non-exchangeable species, and re-
quires regeneration to allow the reuse of the exchangers/sorbents [23,30,72,73]. There are
several classifications for exchangers that are used to facilitate their life cycle management.
Examples of these classifications and the types of materials used as ion exchangers and
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their applications in the nuclear industry are illustrated in Table 3 [23,72,74]. Another
useful classification for the ion exchangers is based on the type and strength of the function
group, which includes strong acidic, weak acidic, strong basic, and weak basic. At the
end of their operational life, the exchangers are treated before immobilization or directly
immobilized in suitable immobilization media [23,30,72].

Table 3. Examples of the classification of ion-exchangers [23,72,74].

Classification Examples
Application in Nuclear Industry

Exchanger Target Stream

C
he

m
ic

al
na

tu
re Inorganic Zeolite Clinoptilolite SIXEP, Sellafield (remove Cs, Sr)

Organic Phenol formaldehyde Lewatit DN KR Pond water (remove Cs)

Hybrid

Mg-Fehydrotalcite loaded with
Cyanex 272

Poly-acrylamide-based
Ce(IV) phosphate

-

Ph
ys

ic
al

fo
rm

Bead
Phenol formaldehyde Lewatit DN KR Pond water

Divinylbenzene IRN 77 AGR/Sizewell B pond water
(remove borate)

Hydrogel

Potassium copper-hexacyanoferrate
embedded 3D-interconnected

porous hydrogel
-

Modified silica hydrogel C16H35O3P -

Ta
rg

et
co

nt
am

in
an

t

Cation
Zeolite

AW500 (synthetic) Pond water in Magnox Sites
(remove Cs)

Clinoptilolite (natural) SIXEP, Sellafield, (remove Cs, Sr)

Divinylbenzene IRN 77/77L
AGR/Sizewell B pond water

(treatment).
Lewatit S100

Anion Divinylbenzene IRN 78/78L
Lewatit MP 62

2.2.1. General Characteristics of Spent Exchangers and Their Problematic Nature

Spent ion exchangers as operational wastes are most often classified as LILW; the
major contaminants in these exchangers are fission products, e.g., Cs, Sr, corrosion products,
borates, nitrates, and alkali components. As mentioned above, the presence of some of
these contaminants can interfere with the hydration reactions. Alkali and alkaline con-
taminants have high solubility in the high pH environment. In addition, the stability of
the spent exchanger can affect the performance of the produced waste form. In general,
inorganic exchangers are known for their better thermal and radiation stabilities compared
with the organic exchangers, and the chemical stability of both types is dependent on
the solution pH [75]. Despite the immobilization of the exchangers in the cements gen-
erally proceed via encapsulation, limited reactions occur in the transition zone between
the encapsulated exchangers and the hydrated cement. These reactions occur on the mi-
crostructure scale, but depending on their extents, they can affect the characteristics of
the waste form widely. To avoid these effects, as well as potential mechanical destruction
of the matrix resulting from the swelling of ion exchangers, the waste loading into the
cement is limited to a small value [23,30]. In this respect, the following characteristics are
important to be evaluated during the design of a cementitious waste form for spent ion
exchangers/sorbents [23,30,72,75–82]:

1. Buffering effects of spent inorganic exchanger, which is dependent on the degree
of depletion of the exchanger/sorbent. Unloaded exchangers can buffer the pH to
fixed value over a wide range of solution pH, this behavior is depending on the
composition of the exchanger, e.g., magnetic zeolite composite can buffer the pH in
the range 3–9 to pH = 4, and hydrotalcite-ferrocyanide composite buffers the solution
in the same pH range to approximately neutral values [79,80]. If acidic buffer effect
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is noted for the spent exchanger, there will be a need to condition the stream before
direct immobilization.

2. pH of the spent organic resin slurry, which is also dependent on the degree of the
depletion of the resins, where unloaded cation and anion organic resins buffer the
solution to acidic and basic media, respectively. Fully depleted resin slurry has neutral
pH. Reported study on actual spent resins slurry indicated that the solution pH is
nearly 5 which is acceptable for direct immobilization without prior conditioning [77].

3. Water content in the exchangers, as the water content in dump resin is typically
in the range of 30% and in saturated slurry is nearly 40%. There is a need to opti-
mize the water used in the mix-design to avoid the generation of large volume of
bleeding water.

4. Stability of the spent ion exchangers in high pH environment; for inorganic exchanger,
phosphates and oxyhydrates of non-ferrous metals based inorganic exchangers and
zeolites are respectively stable at basic pH with minimum stability at pH = 3. Transi-
tion metal ferro-cyanides exchangers are unstable at pH = 10, yet the use of modified
exchangers can enhance the sorption capacity and the stability in alkaline media [79].

5. Ability of the inorganic exchanger to react with cement; inorganic exchangers have a
potential to interfere in the hydration reaction of the cementitious matrix. The extent
of this interference is highly dependent on the reactivity of the spent exchanger and
its particle size. In particular:

• Zeolite and alumina were reported to interfere in the early age hydration reaction,
leading to enhanced formation of aluminosilicate phases, i.e., C3AH6, AFT, AFM.

• Cation exchanger can remove calcium and aluminum ions during the early age
of hydration, leading to slow formation of C-S-H of low calcium to silica ration.

• Some inorganic exchangers were reported to have a pozzolanic activity, which is
more influential during the late hydration stages.

6. Ability of the spent organic exchanger to react with cement; the ability of the ex-
changed contaminant to interfere with the hydration reaction is well known for
organic exchangers, where:

• Resins used to treat borate streams are suspected to retard hydration as a result
of boron release from the exchangers.

• Resins containing salts of short chain water soluble organic acids, e.g., acetic,
formic, picolinic acids, can interfere with the hydration reactions. Examples of
these resins are Purolite A200 and A400.

• Production of bleeding water should be investigated during the immobilization
of anion exchange resins.

• Gel type resins, e.g., Dowex 50w-x8 (H+ form) and Dowex 11 (NO3
− form), have

lower rigidity than beads and can lead to larger structural changes [81].
• Resins swelling can lead to varying effects on the solidification performance in terms

of compressive strength. This behavior is more prominent in cationic exchangers.

The swelling behavior of the spent organic exchangers and the composition of the
transition zone were investigated [83–86]. In a simple cementitious system, Amberlite
IR120H (Na+ form) in Alite, a transient zone of small dimension was reported to occur just
after setting, due to the decrease in the osmotic pressure of the external solution. Gaps were
detected around the beads that separate them from the hydration products; the thickness of
the gaps was reported to be dependent on the relative humidity of the SEM chamber [86].
The main internal pressure in the spent organic resin cementitious matrices is supposed to
be attributed to the osmotic swelling of the resin, where cracking was proposed to occur
when the generated tensile stresses exceed the maximum tensile strength of the waste
forms [83]. A detailed investigation on the swelling behavior of the ion exchange resins in
Alite was conducted to understand the chemical and mechanical behavior of a cementitious
waste matrix containing C-S-H and portlandite only [84,85]. The studies used Amberlite
IR-120 (Ca+2 form) with a mean diameter of 0.5 mm and effective capacity of 5.03 mEq/g of
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dry resin. Figure 6 illustrates the SEM micrograph with elemental mapping for the studied
conditions [84]. The system did not show any cracks, which employs that the stresses
during solidification did not affect the matrix and the portlandite precipitated around the
bead (Figure 6A). Samples immersed in NaCl at 1 mol/L for three weeks did not show
a massive portlandite precipitate, nor mechanical degradation (Figure 6B). This implies
that the internal pressure due to the ion exchange processes is not sufficient to form cracks
in the composite. Samples immersed in KOH showed shrinkage in the bead associated
with the formation of a portlandite shell around the bead, without significant effect on the
mechanical integrity (Figure 6C). Figure 6D shows the immersed sample in NaOH solution,
and obvious cracks and bead swelling are noted and attributed to the combination of the
bead swelling and portlandite precipitation. The effects of re-immersion in other alkali
solutions, namely KOH, NaCl, and NaOH, are illustrated in Figure 6E–G, respectively. For
these samples, enhanced precipitation of portlandite was noted and cracks appeared for
samples (F) and (G), which entail that the composition of the interstitial pore water plays a
critical role in determining the mechanical integrity of the sample, where excess formation
of portlandite around the bead leads to a sensible increase in the internal pressure.

 

Figure 6. Elemental mapping of hydrated Alite/AmberLite IR-120 (Ca form) matrix immersed in different solutions
(copyrighted from M. Neji, B. Bary, P. Le Bescop, N. Burlion, Swelling behavior of ion exchange resins incorporated in
tri-calcium silicate cement matrix: I. Chemical analysis, J. Nucl. Mater. 467 (2015) 544–556).

2.2.2. Potential Cementitious Immobilization Matrices for Spent Ion Exchangers

Direct immobilization of spent exchangers, both organic and inorganic, in cementitious-
based materials has been practiced in different countries for more than six decades [73,87].
This practice is based either on mixing evaporator concentrates, precipitation sludge, and

269



Sustainability 2021, 13, 11992

the spent exchangers using in drum mix technology or immobilizing the spent exchanger
only in the cementitious matrix [23]. Examples of these applications are at Beloyarsk,
Kola, Smolensk NPPs in the Russian Federation. Various conventional cementitious ma-
trices were tested, including OPC, OPC with additives, and mixture of BFS/OPC and
OPC/polymer. Below are some findings from these tests for the direct immobilization of
this problematic operational waste [21,23,30,52,73–78,81,82,87–98]:

• OPC matrices host efficiently 10% spent exchangers without any additives. As the
waste loading increases, the compressive strength of the produced waste form is
reduced within the first 28 days. This behavior is attributed to the reduction of the OPC
content. For inorganic exchangers, in addition to the previously mentioned reason,
the formation of low strength hydration phases and reduction of the Ca/Si ratio could
be responsible for this reduction. If the inorganic exchanger has a pozzolanic effect,
changes in this behavior could be noted depending on the reactivity of the exchanger.

• OPC-additive matrices: additives are used increase the waste loading up to 20 and
35% for beads and gel type resins, respectively. These matrices showed improved
leaching resistance and enhanced workability, depending on the nature of the additive
and exchangers. In particular, the following findings are drawn:

1. OPC/natural pozzolanic materials: the addition of 1–2% natural zeolite was
found to enhance the solidification of hybrid exchanger, e.g., transition metal
oxide–PAN, in OPC matrix and increase the waste loading to 30% wet exchangers.
Condensed silica fume/cement (II/V) was found to counteract the release of
sulfate and sulfonic acid from irradiated strong acidic exchangers.

2. OPC/clay, e.g., vermiculite, bentonite, red clay, sand, optimum matrices, have
enhanced stabilization performance towards Cs, where these clays provide active
sites to capture Cs into the matrices.

• BFS/OPC matrices enable low hydration heat reactions, denser immobilization matrix,
and better stabilization of alkali contaminants. An optimum formulation based on
the type of the exchanger and the contaminants could be used to increase the waste
loading safely:

1. The use of BFS/OPC with additives was also investigated to host polystyrene
organic resin. The use of micro silica in that system led to achieving a waste
loading 36% with acceptable Cs and Co leaching behavior.

2. BFS/OPC matrix was found to enhance the stability of the phenol formaldehyde
resins in the immobilization matrix by mean of the pozzolanic effect.

3. OPC/polymer: this type of matrices issued to densify the structure, subsequently
the solidification and stabilization performance are enhanced.

On another hand, novel cements were investigated for their application in the immo-
bilization of spent exchangers. Zeolites (an inorganic exchanger) immobilization in CSA
was found to be affected by the reaction of this exchanger with CSA between 28–90 days,
leading to higher Cs leaching rates. This result was attributed to the distortion of the
crystalline structure of zeolite and reduced C-S-H formation [74]. A ratio of 1:1 mixed bed
styrene-based resins was successfully immobilized in CSA with a 20% zeolite additive
at 42% loading percentage [99]. Geopolymers were extensively studied and applied to
address the problems associated with the immobilization of spent exchangers. The Slovak
Republic and Czech Republic have licensed this application and used it on an industrial
scale [26,27,100,101]. At Dukovany NPP in Slovakia, 195 tones of spent resins and 4.5 tones
of sludge were immobilized using a SIAL-geopolymer. The compressive strength of waste
forms was in the range 12–35 MPa, where organic resins or mixtures of sludge and resins
were encapsulated. The highest waste loading for the resin was 20% (on dry basis) with
stainless steel drum surface dose rates in the range 130–600 μGy/h, and the D value (leach-
ability index) for 137Cs was >9 on cut samples from the drums. Researchs in this area
were directed to investigate simple and complex immobilization matrices; the first was
composed of a single precursor and alkali reactant, and the latter was composed of two
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or three precursors, an alkaline solution, additive, and/or admixture [101–108]. Table 4
summarizes the waste loading and solidification performance for the studied matrices. The
investigations of the solidification and radiological stability indicated the presence of a
transition zone around the cationic borate resin, immobilized in geopolymer loaded and
radiolysis degradation for the resins [101,108].

Table 4. Summary of spent exchanger immobilization in different geopolymer matrices.

AAC–MATRIX Components, wt.%
Exchanger Loading, %

Solidification at
28 Days, MPaPrecursor Alkali Reactant Additive/Admixture

GGBFS a Na2SiO3·9H2O + NaOH Cationic borate resin
35% (pH 8.5–10.5) 4.7–7.3

Fly ash (56%) Na2SiO3 20% NaOH 8% Super-plasticizer 6% 10% 6.1

MK b (29.4%) Water glass 23.5 H2O 17.6 Zeolite-29.4 37.6

MK Alkaline silicate solution - Resin 10 48
GGBFS (32.7–40.8%)

OPC (8.4–9.9%) Na2SiO3·5H2O–5.6–6.7% Bentonite 2.8–8.2%,
Ca(OH)2–4.9–5.6% 43.2–45.1 6.4–12.6 (at 14 day)

GGBFS (34.2–40.2%)
OPC (8.8%) Na2CO3–1.6–3%

Bentonite 2.5–5.2%,
Ca(OH)24–4.9%

H2O 5.9–11.1
41.9–45 8.4–13.2 (at 11 day)

MK+ Feldspar
Alkaline silicate solution Resin 8–12%

42
MK+ Feldspar + BFS 48

MK (41.9–33.5%)
BFS (4.2–8.4%) Sodium silicate/NaOH 58.1% 12% 13.63

a GGBFS = ground granulated blast furnace slag. b Metakaolin = MK.

2.3. Immobilization of Organic Liquid Operational Wastes

Organic materials are used during the operation of nuclear power plants; they are
classified based on their physical nature as solid and liquid materials. At the end of their
operational life, most of these materials become radiologically contaminated and should
be treated as radioactive wastes. Examples of organic solid wastes include contaminated
clothing, plastic sheets and bags, rubber gloves, mats, shoe covers, and paper wipes.
Examples of organic liquid wastes include contaminated lubricating oils and hydraulic
fluids from reactor operation, scintillation liquids from radio-analytical laboratories, and
miscellaneous solvents/diluents generated from decontamination activities and nuclear
fuel processing [21,33,109–111]. These wastes could be treated then immobilized or directly
immobilized, and there are several available techniques to treat these wastes, including
destructive technologies, either chemical or thermal, and non-destructive technologies, i.e.,
physical [23,112,113]. Organic solid wastes could be physically treated using compaction
and then directed to immobilization in cement, where they are encapsulated without
potential interference in the hydration reactions.

2.3.1. General Characteristics of Organic Liquid Wastes and Their Problematic Nature

In general, the characteristics of organic liquid wastes are dependent on the chemical
composition of the organic agents, the nature of the applications, and the extent of hydroly-
sis and radiolysis of the organic components. The common radiological characteristics of
these wastes are as follow [109–114]:

• Oils are generated in small volume compared to aqueous wastes and include lubri-
cating oils, hydraulic fluids, and vacuum pump oils. Oils from reactor operations are
classified as LLW, where they are contaminated with relatively small amounts of beta
and gamma emitting radionuclides, e.g., 137Cs, 134Cs, 58Co, 60Co, and 65Zn. Some
lubricating oils in hot cells are contaminated with alpha emitting radionuclides. In
PHWR, spent vacuum pump oils are classified as ILW.
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• Scintillation liquids are used in radiochemical analysis of low energy alpha and beta
emitters. They include both non-aqueous and non-polar solvents. The radioactivity
content in these wastes is about 350 MBq/m3,

• Miscellaneous solvents are used in the decontamination activities, including or-
ganic acids and solvent, e.g., toluene, carbon tetrachloride, acetone, alcohols, and
trichloroethane. Their activity contents are <200 MBq/m3. In addition, solvents used
in the solvent extraction processes, widely used in nuclear fuel reprocessing, belong
to this class. The latter is generated in respectively high volumes.

Depending on the chemical structure of these wastes, they can be volatile, flammable,
and toxic. Safe management of these wastes includes either treatment or direct immobi-
lization [109–117]. Direct immobilization of organic liquid wastes in a cement matrix is
challenged by [23,74,118,119]:

• The interference of the organic components with the hydration reactions of the cemen-
titious matrix leads to retardation in the setting of the cementitious paste and creation
of porous matrix, where the organic liquid components cover the anhydrous cement
grains and prevent them from reaction with water. This behavior is more notable for
polar solvents.

• The retention of the organic components is mainly dependent on physical entrapment,
i.e., encapsulated in cavities, not the chemical bonds with cement, which will make
them vulnerable to leaching.

• Organic liquid wastes are susceptible to radiolysis, thermal and microbial degradation,
which is associated with gas releases that can initiate cracking.

These challenges limit the full-scale practice of organic liquid wastes immobilization
into conventional cementitious matrices to a 10–12% loading.

2.3.2. Cementitious Immobilization Matrices for Organic Liquid Wastes

Several additives and admixtures were proposed to increase the organic liquid waste
loading into conventional cementitious waste matrices. These include clays, silica- or
calcium-based additives, and emulsifiers. Three techniques were practiced for producing
acceptable cementitious waste forms, which are pre-emulsification, direct mixing, and
pre-impregnation [21,23,113,119,120]:

1. Pre-emulsification is a two-step technique, in which a stable emulsion is prepared
by mixing the organic wastes with water in the presence or absence of emulsifier. In
the second step, the emulsion is added to the mixed blend of OPC and the additive.
This method was applied in USA and reported to be sensitive to changes in the waste
composition. Pre-emulsification was also used in Cernavoda nuclear power plant
in Romania to prepare cementitious waste forms for the immobilization of spent
scintillation liquid contaminated with tritium [119,120]. In that practice, the oil and
water are emulsified using high shear mixer then added to the cement.

2. Direct mixing is a single step technique, in which all the waste matrix components,
e.g., OPC, additive, waste, water, and emulsifier if needed, are mixed until achieving
a homogenous paste. The waste loading is limited in this case.

3. Pre-impregnation is also a two-step technique, in which the organic liquid is impreg-
nated onto suitable sorbent, then the impregnated sorbent is mixed with the OPC
and water to produce homogenous waste form paste. The increase in the waste form
volume, due to the use of sorbent, is counterweighed with the low generated volumes
of these wastes.

Figure 7 illustrates different mix designs for typical applications of pre-emulsification
and pre-impregnation techniques in the immobilization of spent oil in conventional ce-
mentitious matrices. Data presented reveal that the pre-impregnation technique is sensi-
tive to the type of used additive, where variable (15–56%) organic liquid waste loadings
were achieved.
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Figure 7. Typical composition of a conventional cementitious waste immobilization matrix for spent oil.

Research efforts are continuing to find suitable design mixes for improving the immo-
bilization of organic liquid wastes, and among these efforts are [118,120–123]:

• Pre-emulsification technique was investigated to immobilize alpha contaminated
lubricating oil in conventional cementitious matrix. Stable emulsion was prepared by
mixing the oil and NaOH solution. Then, silica fumes were added to form solubilized
silicate. Finally, the cement was added. This waste form was reported to enable the
accommodation of 20% oil in cement and has acceptable alpha, beta, and gamma
stabilization performances.

• Thermal expanded graphite (TEG) and bentonite clay were tested to immobilize TBP
and spent oil contaminated with Cs and Sr. Pre-impregnation technique was followed,
where TEG was impregnated with the organic liquid wastes then mixed with OPC,
bentonite, and water. The effect of water immersion, freeze-thaw cycles, irradiation
up to 250 KGy on the solidification performance, and Cs and Sr stabilizations were
investigated. 25% TBP and 20% spent oil were successfully immobilized in the matrix
at w/c ration 0.3. This matrix was recommended to have 42 days curing prior to
transportation.

• Natural clay was used as additive to immobilize spent scintillation liquid follow-
ing direct mixing technique. The liquid waste was dispersed into OPC-3% clay
composite at 0.3 w/c ration then mixed to achieve homogenous paste. The matrix
showed acceptable resistance to freeze-thaw and good stabilization performance under
flooding conditions.

A study was performed to compare the performance of conventional and innovative
cementitious forms in immobilizing organic liquid wastes [124]. In that study, lime, zeolite,
and emulsifier were proposed to immobilize simulated TBP from the PUREX process in
the conventional OPC matrix and innovative CSA matrix. The results indicated that at
28 days, the OPC matrix has a higher compressive strength and is more durable under
freezing and irradiation conditions. Under flooding conditions, the compressive strength
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of CSA increased over that of OPC. The study concluded that CSA has a better stabilization
performance than OPC.

A recent review summarized the progress of the incorporation of organic liquid in
geopolymers, classifying the incorporation process into three classes similar to those used
in conventional cementitious matrices [125]. Examples on the application of these classes
in recent research to immobilize different organic liquid wastes include [126–128]:

• Pre-emulsification: the immobilization of simulated TBP from PUREX in phosphate-
acid base geopolymer was investigated. The matrix, loaded with 18% waste, was
reported to have compressive strength equals 59.19 MPa. Exposure to flooding and
freeze conditions led to a reduction in the strength by 10 and 25%, respectively [126].

• Pre-impregnation: simulated radwaste oils immobilization in metakaolin-based
geopolymers was studied. Bentonite and commercial polymer N910 were tested
for oil pre-impregnation, then the matrix was prepared using Metakaolin and mixture
of Na2SiO3 and NaOH. The analysis showed that the pre-impregnation of the oil
using bentonite with 2% commercial polymer meets the Brazilian requirements on the
stabilization performance [127].

• Pre-impregnation: the immobilization of simulated Lix84 loaded with copper in
geopolymer was investigated. The metakaolin was impregnated with the extractant.
Then, the binder was activated by adding the alkaline solution. 8% waste loading was
achieved with acceptable stabilization performance [128].

3. Optimizing the Mix Design

The optimization of the mix design for any waste form is guided by available quality
requirements on nuclear cement, paste operability characteristics, and the waste acceptance
criteria (WAC) for the storage or disposal facility, as indicated in Section 2. Based on
the national legislation, quality requirements on nuclear cements can be applied to the
cement and additives used in producing the cementitious waste form. In this case, quality
requirements on the raw materials and the produced waste form should be followed.
Compliance with these requirements is usually ensured by conducting a standardized
index experiment, e.g., grading and density [129,130]. The operability characteristics are
determined in view of available cementation technologies in the facility/country. There
are two classes of mixing technologies that are widely used in nuclear waste cementation,
namely in drum mixing and grout batch mixing [21,23]. The features of each and available
technologies are addressed elsewhere [21,23]. The mix design should be optimized so the
paste possesses the following characteristics:

• Adequate flow-ability to allow the cementitious paste to flow freely from the mixer
either in-drum or batch.

• Sufficient liquid content to minimize bleeding water.
• Setting time is longer than the process cycle, e.g., mixing, pouring, and mixer dripping,

if any.

WAC are derived based on the safety case of a facility and include certain performance
measures, e.g., limits on release rates, compressive strength, permeability, surface dose,
and others [23]. These performances are usually evaluated based on the expected (natural)
evolution scenario of the facility combined with hydraulic failure [131]. Within this context,
accelerated aging or accidental procedures are applied to the waste form, then its perfor-
mance is investigated [130]. These procedures can include repeated freeze–thaw cycles,
wet–dry cycles, flooding, and dropping. Then, the performance measures are evaluated,
e.g., the stabilization performance is evaluated using a suitable leaching test, and the solidi-
fication performance is evaluated by measuring the compressive strength, etc. During the
optimization process, there are several options that could be considered during the design
of the testing program. These include selection of the testing procedure, the factors that
affect the waste form performance, and the optimization technique. Figure 8a–c illustrates
the classification of the leaching tests, the factors considered during the design of these
tests, and the optimization options.
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Figure 8. Waste form leaching test (a) classifications, (b) factors that affect the performance, and (c)
optimization technique.

3.1. Leaching Test Procedure

Leaching procedures are conducted by contacting the waste form and a leachant
(typically either deionized or natural water). Then, samples of the leachant are drawn
and analyzed to determine the release of elements of interest, e.g., contaminants or struc-
tural elements. The features, advantages, and limitations of each test class, illustrated in
Figure 8a, are listed in Table 5 [23,26,130,132]. Leaching tests are not only used to design the
waste form composition but are used to support the quality control program and provide
inputs for the disposal assessment as well. Leaching can be accelerated by using granular
particles, de-mineralized water, and applying high flow rates, temperature, or pressure.
The selection of the leaching test procedure should be guided by the aims of conducting
the tests, stage of the design phase, and WAC requirements.
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Table 5. Features, advantages, and limitations of different leaching test classes.

Class Feature Advantage Limitation

Standardization

Standardized Well-defined and controlled conditions,
e.g., ASTM C 1308 and ANSI/ANS-16.1

Allows inter-comparison of
the results of different waste
forms from different places

Usually provide conservative
estimates of

radio-contaminants release

Non-standardized Flexible condition, e.g., large scale
field experiments

Allow mimicking actual
concern about specified

waste form

Results cannot be
generalized easily

Mode of Operation

Batch

Static and semi-dynamic standardized
and non-standardized leaching tests

are used
The semi-dynamic tests include total

renewal of the leachate at
pre-determined periods, e.g., ANS16.1
Static leach tests do not include renewal
orcirculation of the leachant, e.g., MCC

Mimics slow flow conditions
Simplicity of operation

Small scale
Robust and simple models are

available to analyze the
experimental data

Relatively slow compared
with continuous models

Continuous
Flow through measure the release

under conservative conditions, e.g.,
ASTM extraction column

Accelerated tests
Simulate conservative

conditions compared to that
in Batch experiment

The modeling aspects are
more complicated than those
used for analyzing the batch

experimental data

Scale of application

Lab Both standardized and
non-standardized tests are used

Simpler and cheaper
compared to field tests
Complete control of the
experiment conditions

Need further investigations to
up scale the results

Field Non-standardized tests
Simulate the performance

under true site-specific
conditions

Hard to achieve
complete control

3.2. Selection of the Waste Simulants

There are three options applied to investigating the potential use of a specified mix de-
sign and simulating the interactions of the radioactive wastes with the cementitious matrix.
The selection of the most appropriate option is dependent on the problem formulation, and
the options can be as follows:

1. Use stable solutions containing only potential radio-contaminants, e.g., Cs, Sr, I, etc.
2. Use simulated waste stream, e.g., simulated stable salt solutions of evaporator con-

centrate, precipitate, or loaded resin with stable isotopes.
3. Use simulated waste stream loaded with radioactive isotope.

The use of a stable isotope stimulant is justified by the similar chemical performance
of the radioactive and stable isotopes, so the stabilization and solidification results will
not be affected. Moreover, using stable simulants eliminates the radiological doses to
workers. A recent review summarized the used solutions in studying the stable solutions
for assessing the performance of nuclear waste forms and indicated that for, Cs, Sr, and Co,
the most commonly used solutions for cementitious waste form testing are chlorides and
nitrates [133]. In depth analysis of the contaminant speciation during the early hydration
stage is important to evaluate the binding mechanisms of these contaminants [91,92]. The
speciation results of Cs, Sr, and Co chloride solutions indicated that the solutions contain
100% Cs+, a mixture of (Sr+2, and SrCl+), and a mixture of (Co+2, CoOH+, Co(OH)2aq,
Co(OH)3

−) [91,92,134]. Cl− is the only available species for Cs and Co solutions, and
a mixture of Cl− and SrCl+ species exists in Sr solutions. The precise proportion of
available species for stabilization/binding is pH dependent. Upon mixing these solutions
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with OPC-based materials, the unhydrated cement grains start to dissolute, leading to
an increase in the solution pH. A reported study indicated that Cs+ is the only detected
species in the mixing solution independent on the presence of the OPC, additive, or
another contaminant [91]. Using simulated evaporator concentrates and precipitates will
complicate the speciation study for divalent and higher valency contaminants, depending
on the composition of the solutions. An analysis of the interfacial water composition
during the initial leaching of borosilicate glass indicated that a small portion of Sr will react
with borate [131].

3.3. Selection of Additive Type

As indicated in Section 2, additives are used to improve the operability, solidification,
and stabilization performances of conventional and innovative cementitious waste forms
via several mechanisms. In a recent study, the general effects of the additives on the
solidification performance, based on their shape, were concluded as follows [135]:

• Fine particle fillers, e.g., slag, fly ash, and silica fume can improve the pore structure
and increase the compressive strength.

• Fiber additives are used to improve the tensile strength.

Recently, nano-materials have been tested as additives for cementitious waste
forms [136,137]. The practical implementation still requires a lot of investigation [6,135,138].
During the selection of the additive, a prior precise evaluation of the problematic nature of
the waste stream and required WAC should be conducted.

3.4. Solid and Liquid Contents Proportion

As the proportion of the mix design for both conventional and innovative cementitious
waste forms highly affect the form performance, there is a need to identify the optimum
proportion of the mix design, taking into consideration the following [21,23,30,56,93,139]:

• For liquid wastes, e.g., evaporator concentrates, saline wastes, increasing the waste
loading will be associated with the formation of porous materials and subsequently
reduce the compressive strength and increase the permeability.

• For matrices that contain additives of considerable water sorbtivity, the determination
of the water content is crucial, where using low water content will reduce the degree of
hydration and subsequently reduced the solidification and stabilization performance
and affect the flow-ability of the paste.

• For wet solid wastes, e.g., spent ion exchangers, the water content should be carefully
adjusted to minimize the bleeding water.

• For matrices that contain additives, the reactivity of the additives should be evaluated,
and the amount of the additives should be optimized to ensure the formation of
sufficient hydration phases to achieve the required stabilization performance.

3.5. Selection of Optimization Techniques

Optimization techniques are divided into uni-variant, i.e., one factor at a time (OFAT),
and multivariate techniques (MVT) (Figure 8c). The first is conducted by fixing all the
studied factors at a fixed value and changing only one factor at a time, whereas in the
second, all the factors are changed simultaneously. Table 6 lists the features, advantages,
and limitations of both techniques [80]. Due to the complexity of the design process, where
there are large numbers of factors and performance measures that should be considered,
the optimization process usually proceeds via three steps toward the final durable waste
form, as follow:

1. Identifying the mix design: in this step, the precise waste loading and liquid and solid
proportions are identified. Both optimization techniques can be used in this step.

2. Test the robustness of the mix design: in this step, the ability of the optimum mix
design to accommodate wastes with fluctuated chemical composition is tested. In this
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case, multi-variant techniques are preferred, as they provide an easy way to identify
the main interacting factors and enable setting controls on them.

3. Validation for industrial scale application: in this step, the performance of industrial
scale waste forms istested and usually OFAT is adopted.

Table 6. Comparison between the optimization techniques.

Technique Feature Advantage Limitation

OFAT

Evaluate isolated effects of the studied
factors on a single performance measure

Empirical, mechanistic, and black box
models are used to analyze the data

Allow the determination of
mechanisms, interpolate and

extrapolate the process
performance

Does not allow the determination
of the effect of interaction

between the factors that affect
the performance

MVT
Evaluate the effects of the studied factors’

variability and their interactions on
single and multi-performance measures

Identify the main
influencing factors

Provide insights into the
system reliability

Does not allow the determination
of the mechanism

4. Conclusions

Cementitious materials are widely applied as immobilization media to host radioac-
tive wastes, including problematic waste streams for which routine technologies need
modifications to account for their specific parameters. Sustainability considerations during
the design of cementitious matrices are important, and here we have analyzed the charac-
teristics of problematic operational waste streams resulting from nuclear energy utilization,
such as evaporator concentrates, spent ion exchangers, and organic liquid wastes. The
components that interfere with the hydration reaction of cements are the key characteristics
required for assessing the factors that affect the production of cementitious waste forms.
A guide for optimizing the mix design of cementitious waste forms was developed that
considers the features, advantages, and disadvantages of different leaching test categories,
options to simulate the wastes, additives, water and solid components, and the adopted
optimization techniques. Over the past decades, cementitious matrices proved their ability
to produce sustainable waste forms for containing problematic operational wastes. A lot
of efforts are still needed to optimize the mix design of these forms, and research in these
areas can include the investigation of the use of wastes and nano-materials as additives
to reduce the amount of cement used and improve the operational and long-term perfor-
mance of these matrices. Investigations of sustainable and green solutions to increase the
waste loading and maintain the long-term durability of the produced waste form are of
great importance.
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Abstract: Glass crystalline materials (GCM) are of increasing interest as advanced nuclear wasteforms
combining the advantages of vitreous and crystalline matrices. The GCM are versatile wasteforms
envisaged for a wider use to immobilise various types of both radioactive and chemically hazardous
wastes. They can be produced either via low temperature sintering using precursors composed
of glass frit, oxides, and crystalline phases or through conventional melting aiming to produce
first a parent glass, which is then crystallised by a controlled thermal schedule to obtain target
crystalline phases within the GCM. Utilization of GCM is highlighted as a perspective wasteform for
immobilization of partitioned radionuclide streams.

Keywords: high level radioactive waste (HLW); radionuclide partitioning; immobilisation; melting;
sintering; crystalline matrix; vitreous matrix; glass crystalline materials (GCM)

1. Introduction

The spent nuclear fuel (SNF) reprocessing generates radioactive wastes, including
high level radioactive waste (HLW), which is industrially immobilised in the Na-Al-P glass
in Russia and A-B-Si glass elsewhere, where A stands for alkaline elements. By 2013,
there were about 30,000 accumulated tonnes of vitrified HLW overall in the world [1,2].
Considering the processing rates of vitrification facilities [2–6], the current mass of vitrified
HLW can be estimated at about 35,000–36,000 tonnes, of which almost 80% are A-B-Si,
and the rest are Na-Al-P glasses. Vitrification of HLW is, however, not the optimal method of
immobilisation due to the relative low radionuclide loading of glasses and their susceptibility
to crystallisation, which can begin immediately after the melt pouring into canisters due to
the residual heat of the melt [6,7]. Partitioning of HLW radionuclides onto groups can provide
a better solution for their immobilisation by incorporation within crystalline lattice of silicates,
titanates, zirconates, and phosphates. Their natural analogues are minerals zircon, britholite,
pyrochlore, zirconolite, murataite, perovskite, monazite, and garnet [8–16]. Fission products
(Cs, Sr) can be isolated in both crystalline phases such as hollandite, pollucite, perovskite,
langbeinite, and glasses. Glass crystalline materials (GCM) with the same mineral-like
phases are optimal for wastes of complex composition. The major component of GCM may
be either the crystalline phases with the glass acting as a binding agent or alternatively the
vitreous phase may be the major component, with crystalline particles dispersed in the glass
matrix [17–21].

The aim of this paper is to highlight the effectiveness of GCM as a universal nuclear
wasteform which overcomes limitations of classical vitrification processes related to the
low solubility in glasses of some nuclear waste components such as minor actinides (MA)
and enhances the waste loading while improving the durability and long-term stability
of the wasteform. The review focuses on universality of GCM wasteforms for immobili-
sation of HLW radionuclides utilizing the fractionation (partitioning) approach when the
most dangerous components are immobilized in most durable and most stable crystals
whereas the vitreous phase accommodates less dangerous, shorter-lived radionuclides.
The vitrification technology currently accepted as baseline for HLW immobilization can be
accordingly modified to produce GCM wasteforms.
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2. HLW from SNF Reprocessing

The composition of SNF depends on the type of reactor, initial fuel used, the depth
of its burnup, and storage time after discharge from reactor [22,23]. HLW radionuclides
are fission products, actinides, and activated elements of fuel assemblies. The main fission
products are rare earth elements (REE), Zr, Mo, Tc, Ru, Pd, Cs, Sr, Rh, Te, Xe, Kr, and I,
with REE accounting for up to 25 wt.%, platinoids—16%, Zr—15%, Mo—12%, Cs—6% [24].
After three years of storage of SNF with a burnup of 33 GW·day (enrichment of 3.5%
235U) it contains in kg/tonne of SNF [19]: Alkalis (Cs, Rb)—3, alkaline earths (Sr, Ba)—
2.4, rare earths (mainly light of Ce group)—10.2, transition 4d metals (Mo, Zr, Tc)—7.7,
platinoids (Ru, Rh, Pd)—3.9, 0.5 kg Se and Te, 0.2 kg I and Br, 0.1 kg Ag, Cd, Sn, and Sb.
These quantities of fission products are determined by their bimodal distribution (yield)
which depends on the atomic mass, where the maxima are located in the ranges of 85–105
(Rb, Sr, Zr, Mo, Tc, platinoids, Ag) and 130–150 (Te, I, Xe, Cs, Ba, REE). With the burnup
increase the content of fission products in SNF and thus in HLW increases too. Over time,
the heat release of SNF decreases and within a few hundred years the main role in heat
generation transfers from the short-lived fission products to long-lived actinides.

The SNF reprocessing generates from 1 to 13 m3 of liquid HLW per 1 tonne of SNF [23],
although after evaporation its volume is reduced to 250 L [24]. Specific features of the SNF
composition are inherited by the HLW; in addition, it contains technological impurities [21,23,24].
In the dry residue of HLW there are [19,25]: 19% of transition metals (Mo, Zr, Tc), 18% of rare
earths (La, Ce, Pr, Nd, Sm), 10% alkaline (Gs, Rb) and alkaline earth (Sr, Ba) elements, 7% of
platinoids (Ru, Rh, Pd), 2% of minor actinides (Np, Am, Cm), up to 1% Se and Te, and another
43 wt.% belong for Fe, Ni, Cr, Na, P, and less significant elements. Calcined HLW contains
(mol.%) [26,27]: Fission products—26.4 REE, 13.2 Zr, 12.2 Mo, 7.6 Ru, 7.0 Cs, 4.1 Pd, 3.5 Sr, 3.5 Ba,
1.3 Rb; 9% of other fission and corrosion products, mainly Tc, Rh, Te, I, Ni, and Cr; actinides:
1.4 (U + Th) and 0.2 (Am + Cm + Pu + Np), impurities—6.4 Fe, 3.2 P, 1.0 Na. According to [28],
the HLW calcine after 10 years of storage consists of, wt.%: 6 Cs2O, 6 TcO2, 3 SrO, and 6 minor
actinides (MA): Np, Am, and Cm, 4 BaO, 10 RuO2, 15 REE2O3, 6 PdO, 15 ZrO2, 2 Rh2O3, 15
MoO3.

3. HLW Vitrification

Industrial vitrification of liquid HLW from SNF reprocessing is done for more than
50 years. It started in France in 1968–1973 [29] with 12 tonnes of radioactive glass produced
by vitrifying 25 m3 of waste. Large-scale vitrification of HLW is done in France since 1978
using A-B-Si glass whereas Russia uses Na-Al-P glass composition since 1987 [2,4,19,21,30–
34]. A drawback of glasses is the limited content of nuclear waste which is typically from
3 to 5 wt.% for Na-Al-P glasses and from 5 to 20 wt.% for A-B-Si glasses. This results in a
relatively large volume of vitreous product to be disposed of which entails high costs for the
construction of underground disposal facilities. Therefore, approximately 1.5–1.8 tonnes of
Na-Al-P glass is produced at immobilization of HLW derived at reprocessing of 1 tonne of
SNF, while for A-B-Si glasses this value is significantly lower (about 0.4 tonnes only). Low
content of radionuclides in the Na-Al-P glass is caused by its lower heat resistance [35]. The
temperature of the vitrified waste block is requested to be at least 100 ◦C lower than the
glass transition temperature (Tg) of glass to avoid crystallisation effects [19]. The temperature
of the glass block depends on the intensity of radiogenic heat generation. The maximum
design HLW radioactivity for Na-Al-P glass is 2500 Ci/L, with practical values being from
60 to 600 Ci/L [24,35]. The intensity of heat generation of vitrified HLW decreases with time
from 18 kW/m3 after 5 years to 6 kW/m3 after 25 years, and to 1 kW/m3 after 100 years
of storage. Within the first 150 years, the main heat source of HLW is due to the decay of
fission products with a dominance of 137Cs and 90Sr, and then due to the MA decay [22,36].
Regulatorily, the heat emission of vitrified HLW in the interim storage should not exceed 5
kW/m3 [24] and 2 kW/m3 on disposal [37]. The last document establishes the requirement
for the temperatures up to 450 ◦C. Glasses are fundamentally metastable and depending on
temperature can crystallize over time at elevated temperatures. Cooling of the glass melt on its
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draining into the canisters should be fast enough to form a uniform glass. This is achieved by
quenching the melt at high cooling rates about 500 ◦C/h, whereas at cooling rates of 50 ◦C/h
or less, crystalline phases appear [38]. Crystallisation of glass can occur after the melt is drained
into canisters due to residual heat [6,7]. Often Tg is taken as the temperature at which the
melt viscosity is 1012 Pa·s (1013 Poise) [39] although the glass transition is a quasi-equilibrium
second order phase transformation, and the glassy state of matter differs topologically from
that of molten state [40]. The Kauzmann empirical rule Tg = (2/3)·Tm (Tg,m values are given
in the Kelvin’s scale) implies that the Tg increases with the increase of melting temperature
(Tm). Heating of glass above Tg accelerates devitrification due to the decrease in glass viscosity
and the increase of diffusion rate of elements in it. Na-Al-P glasses have Tg about 400 ◦C and
the crystallization rate maximum is at ~500 ◦C, whereas A-B-Si glasses with Tg about 550 ◦C
exhibit maximum crystallisation rates at about 650 ◦C [38,39]. Partial glass devitrification
occurred when cooling rates about 30–50 ◦C/h close to that of HLW vitrification facilities were
used [6]. On melt pouring from the EP-500 Joule-heated ceramic melter, the temperature of
the container with vitrified HLW decreases within 17 h from 700 to 500 ◦C [7], that is, the
cooling rate was just about 10–15 ◦C/h. The question therefore remains open about the state
of vitrified HLW stored at “Mayak” PA since 1987 as it can be a relative homogeneous glass,
although glass with crystalline phases or even a fully crystallized material are also possible
variants. A partially crystallized glass in containers with HLW seems more likely and such
wasteform is prone to an accelerated corrosion in the presence of water vapours [41,42].

4. GCM with Mineral-Like Phases

4.1. Importance of Novel Matrices

Much attention is paid to the modernization of existing glass matrices, as well as
the search for new types of wasteforms, for example, for HLW radionuclide fractions.
Partitioning of HLW and incorporation of the most dangerous long-lived actinides and
fission products in a compact and capacious matrix will improve the use of underground
repository space. This will reduce the need for the construction of new storage facilities
and lead to savings in finances and time for their search and construction. Potential novel
matrices for HLW immobilisation are crystalline and GCM which have been studied since
the 1970s, almost simultaneously with research of glasses [32,34,43,44].

4.2. Crystaline Matrices

The best known crystalline wasteforms are the Synroc polyphase ceramic and the
monophase NZP matrix. In the first, artificial phases of minerals with the structure of
perovskite, zirconolite, pyrochlore, and hollandite serve as carriers of radionuclides and
the HLW elements are distributed between them in accordance with the radius and charge
of cations. The structure of the NZP matrix of the composition NaZr2(PO4)3 as a natural
analogue of the mineral kosnarite is formed by a three-dimensional network of PO4

3-
octahedra connected by vertices to ZrO6 octahedra, and large Na+ cations occupy voids.
The HLW components can enter three positions of the structure: Alkalis, alkaline earths
instead of sodium; REE and actinides are in the Zr position, hexavalent Mo replaces
phosphorus, etc. Usually, there is an additional phase—REE phosphate with a monazite
structure. Kosnarite, KZr2(PO4)3 is a natural analogue of the NZP matrix, although
unlike other phases (pyrochlore, zirconolite, brannerite, monazite, etc.), it does not contain
radioactive elements such as U and Th [32]. The waste loading of Synroc and NZP ceramics
is about 20 wt.%. Crystalline phases for immobilization of waste have been overviewed in
many publications such as [15,16,32,45].

4.3. GCM as an Universal Nuclear Wasteform

GCM are thermodynamically more stable materials compared with homogeneous
glasses. Indeed, the free Gibbs energy GGCM of a GCM containing the volume fraction ϕ of
crystalline phase will be:

GGCM = ϕGC + (1 − ϕ)GG,
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where the free Gibbs energy of crystalline phase GC is lower than the free Gibbs energy
of glass GG. Thus, the driving force of crystallization of GCM toward a most stable fully
crystalline material (for which ϕ = 1) will be smaller.

GCM containing both crystalline and glassy phases are optimal for radioactive waste of
complex composition [8,17,19,21,32,38,46–52]. Compared to homogeneous glassy materials,
GCMs can incorporate larger amounts of waste elements and they can be produced using
lower processing temperatures than those of conventional melting. Indeed, hazardous and
nuclear waste constituents can be immobilised both by direct chemical incorporation into
the glass structure in a classical vitrification approach and by the physical encapsulation
of the waste in a glass matrix, forming a GCM consisting of both vitreous and crystalline
phases (Figure 1).

 
 

(a) (b) 

Figure 1. Schematic of a Glass crystalline material (GCM) nuclear wasteform (a) and SEM/BSE image
(b) of a real specimen loaded with rare earth elements (REE)-imitator of actinides. Dark areas are
composed of glass and light grains are crystals of britholite.

4.4. Examples of GCM Nuclear Wasteforms

GCM include: Glass-ceramics where a glassy wasteform is crystallised using a separate
heat treatment schedule, materials in which a refractory crystalline phase is encapsulated
in glass, such as hot pressed lead silicate or sodium borosilicate glass matrix encapsulat-
ing up to 30 vol.% of La2Zr2O7 or Ga2Zr2O7 pyrochlore-structure crystals to immobilize
actinides [53–57], borosilicate glasses for encapsulation of TRISO-UO2 particles from peb-
ble bed modular reactor [58], materials in which spent clinoptilolite from aqueous waste
reprocessing is immobilised by pressureless sintering [59]; U/Mo-containing materials
immobilized in a GCM termed U-Mo, glass formed by cold crucible melting (which par-
tially crystallise on cooling) [60]; yellow phase containing up to 15 vol.% of sulphates,
chlorides, and molybdates [61]; and materials to immobilise ashes from incineration of
solid radioactive wastes [62]. An example of a recently developed GCM system obtained
via sintering is the GCM designed for spent clinoptilolite waste arising from low-level
aqueous waste treatment facilities [52,62] where a 2 h pressureless sintering at 750 ◦C was
used. Waste loading ranging from 1:1 up to 1:10 of glass to clinoptilolite volume ratios
corresponding to 37–88 mass% were analysed. Water durability of the GCMs assessed
by 7 day leaching tests in deionised water at 40 ◦C based on ASTM C1220-98 standard
remained below 6.35 × 10−6 g/(cm2 day) in a GCM with 73 mass% waste loading. The sin-
tering process typically takes place at lower temperatures compared to the classical melting
route and is of great interest for the immobilization of highly volatile radionuclides such
as 134,135,137Cs. Crystalline phases within a glassy matrix of GCM can be zirconolite, py-
rochlore, brannerite, britholite within a matrix made of a A-B-Si glass, or monazite, or NZP
in a Na-Al-P glass. In silicate glass ceramics, radionuclides are incorporated both in the
phases of silicates (britholite), titanates, and zirconates (pyrochlore, zirconolite), and molyb-
dates (powellite), and in phosphate glass ceramics—into phosphates with the structure of
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monazite, kosnarite, or langbeinite [63–71]. Table 1 outlines various waste types that have
been immobilised into GCM both at laboratory and pilot-scale facilities [72,73].

4.5. GCM Phase Assemblage

Generally, host glasses used to develop GCM should have the ability to incorporate
various waste constituents, be processed at relatively low processing temperatures, as well
as be chemically durable and radiation resistant. High silica-content glasses including
borosilicates, alumina silicates, alumina borosilicates, soda-lime silicates, lead silicates,
lead borosilicates, phosphates, copper phosphates, silver phosphates, lead-iron phosphates,
and soda alumina-phosphate glasses have been examined as host matrices for GCM
production [17,18,72,73]. Several processing routes have been examined to produce GCM
including controlled crystallisation of a glass, powder methods and sintering, petrurgical
method, and sol-gel precursor glass, which give flexibility in the choice of the optimal
immobilisation technology for the target waste as outlined in Table 2.

GCM can be used to immobilise long-lived radionuclides such as MA by incorporating
them into the durable crystalline phases, whereas the short-lived radionuclides can readily
be accommodated in the less durable glass. Acceptable durability will result if species of
concern are locked into the crystal phases that are encapsulated in a durable glass matrix.
The processing, compositions, phase assemblages, and microstructures of GCM can be
tailored to achieve the necessary properties for improved performance of the wasteform.

4.6. Technology Readiness Level for Industrial-Scale Advanced Wasteforms Fabrication

When choosing a matrix, its hydraulic stability, its capacity for radionuclides, the abil-
ity to include other elements of waste, and the availability of industrial production tech-
nology play a key role. GCM samples were already obtained in laboratory conditions by
viscous- and solid-phase sintering at normal and high pressure; high-speed electro-pulse
sintering (SPS); microwave heating or SHS (self-propagating high-temperature synthesis);
melting in a resistance furnace or in a “cold” induction heating crucible (CCIM). On an
industrial scale, inductance melting in a “hot” or “cold” crucible is already used for the
manufacture of A-B-Si glasses to immobilise HLW and intermediate level radioactive
waste (ILW) in France and in Russia. The production of highly radioactive wasteforms
weighing 10–100 kg corresponds to the value of technology readiness level (TRL) equal to
7, and in the case of their production in an amount of more than 1 tonne—as 8 and 9 [74].
The readiness of the manufacture of radioactive wasteforms via melting or sintering is
estimated at TRL values from 7 to 9. These methods are already used in real production,
or at semi-industrial and pilot plants. The capabilities of CCIM have been demonstrated
in laboratory conditions to obtain blocks of crystalline matrices to 18 kg at TRL 6 [75,76].
The current state of the separation of HLW and methods for obtaining wasteforms with
fractionated waste (radionuclide partitioning) envisages a relatively quick transition to the
TRL equal to 9, which corresponds to the industrial implementation of this approach to
handling HLW and acceptable financial costs [8]. Another way is to separate radionuclides
for transmutation although this technique is still at an early stage of development with TRL
about 3 to 4. A combined approach uses both options: The utilization of cubic ZrO2 solid
solution with fluorite-type structure, Zr-pyrochlore, or Y-Al garnet as a fuel for actinides
(Np, Am) with an inert (composed of non-fertile elements) matrix for a single combustion
in a reactor and disposal without reprocessing. The wasteforms to be used for the immo-
bilisation of HLW resulting from SNF reprocessing including the fuel are summarized in
Table 3 following the reference [8].

289



Sustainability 2021, 13, 4117

T
a

b
le

1
.

W
as

te
st

re
am

s
im

m
ob

ili
se

d
in

to
G

C
M

w
as

te
fo

rm
s.

W
a
st

e
T

y
p

e
W

a
st

e
D

e
sc

ri
p

ti
o

n
W

a
st

e
L

o
a
d

in
g

LI
LW

H
ig

h
su

lp
ha

te
,m

ol
yb

da
te

/n
ob

le
m

et
al

co
nt

en
tw

as
te

.H
ig

h
co

nc
en

tr
at

io
n

of
C

l.
30

w
t%

In
te

rm
ed

ia
te

le
ve

lr
ad

io
ac

ti
ve

w
as

te
(I

LW
)

H
ig

h
co

nt
en

to
fM

o,
Pb

O
,M

nO
,a

nd
si

m
ul

at
ed

zi
rc

al
oy

ch
ip

s.
20

w
t%

H
ig

h
le

ve
lr

ad
io

ac
ti

ve
w

as
te

(H
LW

)
Li

qu
id

w
as

te
ar

is
in

g
fr

om
re

pr
oc

es
si

ng
of

na
tu

ra
lu

ra
ni

um
(U

O
2)

.
10

w
t%

Th
e

sa
m

e
C

al
ci

ne
co

nt
ai

ni
ng

tr
an

su
ra

ni
cs

,fi
ss

io
n

pr
od

uc
ts

,a
nd

tr
an

si
ti

on
el

em
en

ts
.

60
–8

0
w

t%
A

ci
di

c
H

LW
w

it
h

A
l,

Z
r,

N
a,

ni
tr

at
e,

an
d

flu
or

id
e

io
ns

.
75

w
t%

Fr
om

re
pr

oc
es

si
ng

lig
ht

w
at

er
re

ac
to

r
an

d
fa

st
br

ee
de

r
fu

el
.

5–
35

w
t%

Z
eo

lit
e

oc
cl

ud
ed

sa
lt

w
as

te
(t

ra
ns

ur
an

ic
s,

fis
si

on
pr

od
uc

ts
,a

nd
ha

lid
es

).
75

w
t%

Fi
ss

io
n

pr
od

uc
ta

nd
tr

an
su

ra
ni

c
ac

ti
ni

de
s

co
nt

ai
ni

ng
sa

lt
im

m
ob

ili
ze

d
in

gl
as

s
bo

nd
ed

so
da

lit
e.

75
w

t%

Z
eo

lit
e

oc
cl

ud
ed

w
it

h
m

ol
te

n
Li

C
l-

K
C

l-
N

aC
la

nd
~6

w
t%

of
fis

si
on

pr
od

uc
tc

hl
or

id
es

.
50

–6
7

w
t%

Si
m

ul
at

ed
w

as
te

w
it

h
sp

in
el

fo
rm

in
g

co
m

po
ne

nt
s.

45
w

t%
Si

m
ul

at
ed

H
LW

co
ns

is
ti

ng
≤

35
w

t%
Z

rO
2.

30
–5

0
w

t%
Pl

ut
on

iu
m

be
ar

in
g

nu
cl

ea
r

le
ga

cy
w

as
te

in
py

ro
ch

lo
re

ph
as

es
.

30
vo

l.%
C

on
ta

in
in

g
bo

th
ac

ti
ni

de
s

an
d

ch
lo

ri
de

s.
11

w
t%

Si
m

ul
at

ed
H

LW
w

as
te

ch
em

ic
al

ly
im

m
ob

ili
ze

d
in

a
m

ix
tu

re
of

ch
lo

ra
pa

ti
te

,C
a(

PO
4)

C
l

an
d

sp
od

io
si

te
,C

a 2
(P

O
4)

C
lm

in
er

al
ph

as
e.

65
–9

0
w

t%

Lo
ng

-l
iv

ed
nu

cl
ea

r
si

m
ul

at
ed

w
as

te
(a

ct
in

id
es

).
20

w
t%

A
g12

9 I
TR

IS
O

-U
O

2
pa

rt
ic

le
s.

16
vo

l.%
A

ct
in

id
es

su
rr

og
at

e
(C

e 2
O

3,
N

d 2
O

3,
Eu

2O
3,

G
d 2

O
3,

Y
b 2

O
3,

Th
O

2
in

hi
gh

ly
du

ra
bl

e
zi

rc
on

ol
it

e
(C

aZ
rT

i 2
O

7)
.

4–
6w

t.%

W
as

te
fis

si
on

pr
od

uc
ta

nd
ac

ti
ni

de
s

in
ti

ta
ni

te
,C

aT
iS

iO
5.

W
as

te
io

ns
di

st
ri

bu
te

d
in

sp
he

ne
,C

aT
iS

iO
5

ph
as

e
an

d
gl

as
s

ph
as

e.
5

w
t%

Es
ti

m
at

ed
si

m
ul

at
io

n
of

H
LW

fr
om

re
pr

oc
es

si
ng

of
nu

cl
ea

r
fu

el
s

in
Ja

pa
n

A
to

m
ic

In
st

it
ut

e.
25

w
t%

Si
m

ul
at

ed
90

Sr
H

LW
pa

rt
it

io
ne

d
fr

om
of

hi
gh

le
ve

ll
iq

ui
d

w
as

te
in

C
hi

na
im

m
ob

ili
ze

d
in

ap
at

it
e

gl
as

s-
ce

ra
m

ic
.

35
w

t%

A
sh

es
Fr

om
in

ci
ne

ra
ti

on
of

pl
ut

on
iu

m
be

ar
in

g
or

ga
ni

cs
.

50
w

t%
Fr

om
in

ci
ne

ra
ti

on
of

so
lid

ra
di

oa
ct

iv
e

w
as

te
.

15
–4

0
w

t%

290



Sustainability 2021, 13, 4117

Table 2. Processing routes of GCM wasteforms.

Route Description Process Parameters

Pressureless sintering
Powder mixing, cold pressing.

Relatively low temperature
(≤1100 K).

Particle size, compacting
pressure, temperature and

duration of sintering, heating
and cooling rate.

Hot Pressing

Pressure and temperature
applied during Hot Uniaxial

Press (HUP), Hot Isostatic
Press (HIP) or Hydrothermal

hot-pressing (HHP).

Glass composition, particle
size, maximum temperature,

pressure, soaking time,
heating and cooling rate.

Reaction Sintering

Sintering under isostatic
pressure by adding

amorphous silica. Chemical
reaction between waste

components and surrounding
glass.

Particle size, HIP temperature,
pressure and duration of

sintering.

Sintering with aerogels

Porous network of silica is
soaked in a solution

containing the actinide, then
dried and fully sintered.

Mechanical properties,
capillary forces, permeability

of aerogel, sintering
temperature.

Cold crucible melting

Electric currents generated
inside waste contained in

water-cooled crucible,
surrounded by an induction

coil.

Operating frequency, input
vibrating power, operating

temperature, melting
duration.

Self-sustaining vitrification
Utilises the energy released

during exorthermic chemical
reactions.

Composition of initial waste
and Powder Metal Fuel.

In situ sintering

Utilises ambient pressure of a
disposal environment, its
radiation shielding and

extended time of storage.

Disposal environment,
ambient pressure and

temperature.

Controlled crystallization
Additional heat-treatment on

to vitrified glass forming
glass-ceramic.

Temperature, duration,
heating and cooling rate.

Petrurgic method
Crystals nucleate and grow
directly upon cooling glass

from the melting temperature.

Cooling rate from melt
temperature.

Sol-gel followed by sintering

Allows the formation of a very
reactive powder in which

components are mixed on a
molecular scale.

Calcine temperature, milling
media, drying temperature,

sintering temperature.
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Table 3. Possible wasteforms for HLW fractions. GCM—glass crystalline material, is shown in bold italics.

HLW
Fraction

U + Pu Np Am Cm REE Cs-Sr FP 2–UR 3

Methods for
managing

waste
fractions or
separate ra-
dionuclides

New (fresh) nuclear fuel Ceramics
Glass,

Ceramics or
GCM

Alloy

Fuel Ceramics Alloy

Fuel Ceramics Alloy

Fuel Ceramics Alloy

Fuel GCM (An/Ln/TM 1) Alloy (UR)

Fuel Ceramics GCM

Fuel GCM
1 TM—4d transition metals (2 FP—fission products: Mo, Zr, Ru, Rh, Pd; corrosion elements—Zr, Fe, Cr, Ni, etc). 3 UR—undissolved SNF
residues, composed of Mo-Tc-Ru-Rh-Pd alloy (ε-phase).

Although the review did not discuss the economics of immobilisation technologies
used, one can note that the SNF reprocessing with fractionation of HLW (radionuclide
partitioning) is more expensive than the standard PUREX technology. However, the GCM
immobilization option will be cheaper and safer due to the reduced need for expensive
deep geological disposal facilities [77,78] and because the dangerous long-lived isotopes
are incorporated into the most durable host phases for industrial applying.

5. Conclusions

HLW derived in the close nuclear fuel cycle is currently immobilised into Na-Al-P
and A-B-Si glasses using vitrification technology. Waste immobilisation in GCMs has
emerged as a versatile technology enabling reliable immobilisation of complex and varying
composition waste streams, including both radioactive and hazardous residues, which
are otherwise difficult to immobilise using the traditional vitrification technology. The op-
timisation of the GCM phase assemblages as a function of waste stream composition is
important for achieving simultaneously high nuclear waste loadings and corrosion resis-
tance. Future research may focus on practical aspects of GCM utilisation through one or
another technological process using either controlled devitrification of synthesized parent
glasses or sintering routes using crystalline and vitreous precursors.
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